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Preface

The continuous widespread technological progress and industrial expansion over the last several

decades has been accompanied with the serious environmental problem of water pollution. The

pollution of water is related to the uncontrollable contamination of water bodies such as lakes,

rivers, oceans, and groundwater by a plethora of substances/pollutants that can be harmful for

humans, as well as for flora and fauna, even at very low concentrations. For example, heavy

metals/metalloids can accumulate in living organisms, causing permanent cell damage and disorders

leading to disease and even death. The unmanageable disposal of pharmaceuticals and personal care

products (PPCPs) in water bodies can cause serious ecotoxicological problems and pose extraordinary

threats to ecosystems or organisms. Microplastics are a class of emerging pollutants that generate

severe environmental issues because of their small size, unique morphology, and enhanced chemical

heterogeneity but above all due to their stability and ability to act as pollutant carriers.

Environmental protection is regarded as key in the design and development of a sustainable

future and hence, the attention of researchers and the public is concentrated on novel remediation

approaches. Intense emphasis is placed on the removal of heavy metals, PPCPs, MPs, and other

pollutants from water and wastewater. The diverse composition of polluted water bodies and of

industrial wastewater requires a variety of treatment methods. Heavy metal ions are most often

removed by the precipitation of their hardly soluble compounds. Ion exchange and sorption methods

are also widely used. Sorption is an effective method for the removal of emerging contaminants

and heavy metals from water and wastewater. Sorbents derived from discarded biomass, wastes,

and other feedstocks are widely studied for the treatment of contaminated water, since this material

development strategy is within the framework of the sustainable (bio)economy. Additionally,

biodegradation and catalytic degradation methods are receiving attention for the removal of PPCPs

and MPs. Therefore, the research and development of novel and efficient materials for environmental

remediation applications and especially for the removal of pollutants from water bodies remains an

active field of research.

This Special Issue features 14 original research articles and two reviews that explore recent

advancements in sorption, biodegradation, catalytic degradation, and beyond, using new materials

for effective (waste)water treatment and purification. We extend our gratitude to the 86 authors

from countries including China, France, Vietnam, Cyprus, Saudi Arabia, Italy, India, Egypt, Pakistan,

Croatia, Malaysia, and Greece. We also greatly appreciate the dedicated efforts of the reviewers!

Yongchang Sun and Dimitrios Giannakoudakis

Guest Editors
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Editorial

Wastewater Treatments Based on Adsorption, Catalysis,
Biodegradation, and Beyond
Dimitrios A. Giannakoudakis 1,2,* and Yongchang Sun 3,*

1 Institute of Chemical Sciences, Faculty of Chemistry, Maria Curie-Sklodowska University, Maria Curie
Sklodowska Sq. 3, 20-031 Lublin, Poland

2 School of Chemistry, Aristotle University of Thessaloniki, 54124 Thessaloniki, Greece
3 School of Water and Environment, Chang’an University, Xi’an 710054, China
* Correspondence: dagchem@gmail.com (D.A.G.); ycsun@chd.edu.cn (Y.S.)

The ongoing technological advancements and industrial growth over the past few
decades have resulted in significant environmental challenges, with one of the most notable
being water pollution caused by the improper disposal of organic and inorganic pollutants.
Protecting the environment is an essential component of a sustainable future, leading
researchers and the public to focus on innovative remediation strategies. As a result, the
development of new “green”-oriented, low-cost, and efficient materials for environmental
remediation, especially those which facilitate the removal of pollutants from water bodies,
remains a vibrant area of research. This Special Issue encompasses 14 original research
articles and 2 review papers which aim to explore new methods outside of sorption,
biodegradation, and catalytic degradation, while also introducing new materials and
composites for effective (waste) water treatment and purification.

In their study, Gao et al. used a biomass, Medulla tetrapanacis (MT), as a sor-
bent. Known as “da-tong-cao” in China, where it is also famously used as a traditional
medicine [1], MT is a well-developed porous 3D structure with an ultra-thin cell wall,
predominantly consisting of holocellulose (~82 wt.%) and ash/minerals (~11 wt.%). MT
showed high remediation efficiency against methylene blue (MB) and crystal violet (CV),
achieving 411 and 553 mg/g adsorption, respectively. Interestingly, the depleted samples
were pyrolyzed to biochars, achieving adsorption performances of 320 mg/g for Cu2+ and
840 mg/g for Pb2. Crini et al. utilized individualized fibers of a pine wood by-product
(Pinus pinaster) were utilized as a sorbent for copper in poly-contaminated aqueous so-
lutions [2]. Upon activation with sodium carbonate, the pine fibers successfully removed
2.5 mg/g copper regardless of the changing pH levels, which ranged from 3 to 5. The
presence of the Na+ cation at concentrations of 0.1 M did not affect the performance of
the material. The adsorption process was rapid, as most of the copper was absorbed
within the first 10 min of exposure. The underlying mechanism is considerably more
complex due to physisorption, chemisorption, and/or diffusion phenomena. Wang and
coworkers followed a multistep protocol to synthesize chitosan modified with pyridine
and crosslinked with glutaraldehyde (PYCS) material that achieved 66.2 mg/g of Fe(III)
adsorption at pH = 2.5 [3]. The surface pyridine groups were responsible for the formation
of stable chelate with Fe(III) ions. PYCS successfully maintained Fe sorption efficiency, since
the removal performance only decreased by 29% after six regeneration cycles. Another
lignocellulosic biomass composed of Luffa cylindrica fibers was used by Theocharis et al.
to synthesize biochar (LCC) after thermal treatment in a nitrogen atmosphere (at 650 ◦C for
1 h), which was further oxidized (LCC_ox) using HNO3 [4]. The materials showed elevated
adsorption of U-232 radionuclide at sub-picomolar initial concentrations. Oxidation of
the biochar had a positive effect on uranium removal, with the adsorption process being
affected by the dispersion pH. The interactions were found to be entropy-driven (∆H◦

and ∆S◦ > 0) based on the creation of inner-sphere complexes. Zhang et al. used recycled

Molecules 2024, 29, 5470. https://doi.org/10.3390/molecules29225470 https://www.mdpi.com/journal/molecules1
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agricultural waste from corncobs and KOH/FeCl3 to prepare a biochar/alginate composite
bead (MCB/ALG) adsorbent via high-temperature pyrolysis (at 800 ◦C for 2 h) [5]. Al-
though MCB/ALG did not exhibit high porosity (129 m2/g), it achieved 1373 mg/g MB
removal, and the process was found to be endothermic and spontaneous. This performance
was linked to the filling of the pores, electrostatic interactions, and hydrogen bonding.
After five cycles of regeneration, the MB removal remained high (85% compared to the
first cycle). Tushar Kanti Sen delivered a comprehensive review based on an up-to-date
literature overview, focusing on studies that utilized a wide range of solid waste agricul-
tural biomass-based adsorbents (raw, modified, and treated) to purify water that had been
polluted with various metal ions [6]. Various important influential physicochemical process
parameters, like metal concentration, adsorbent dose, the initial pH of the solution, and the
temperature were considered as potential perspectives and conclusions for future work.

Deng and coworkers applied activated carbon in granular form (GAC) for water
purification upon the co-presence of three antibiotics, specifically thiamphenicol (THI),
sulfamethoxazole (SMZ), and tetracycline (TC) [7]. The carbon granules were obtained
from corn stover biomass that was dried, chopped into small pieces, and heated at 500 ◦C
for 2 h and then at 700 ◦C for 2 h under a N2 atmosphere, then underwent further activation
via a superheated steam (600 ◦C, 2.0 MPa, 2 h). GAC had a surface area of 1059 m2/g
and was predominately microporous (Vmic = 0.488 cm3/g). The maximum capacities
were around 27, 17, and 30 mg/g for SMZ, TC, and THI, respectively; the sorption was
exothermic and spontaneous. The Weber–Morris intraparticle diffusion model and the
Boyd kinetic model demonstrated that diffusion across the boundary layer was the primary
determinant of the adsorption process. Activated porous carbons (PACs) were studied in
another work by Pavlovic et al. as adsorbents of three pharmaceuticals: sulfamethoxazole,
trimethoprim, and diclofenac. The removal efficiency was studied using ultra-pure water,
humic acid solution, or liquor from real samples collected from wastewater treatment
plants [8]. The best removal results were recorded for trimethoprim, followed by diclofenac
and sulfamethoxazole. The most notable differentiating factors were linked to the charge
and hydrophobicity of the pharmaceuticals at a specific pH. The maximum capacities varied
depending on the water matrix; the highest capacity was achieved for sulfamethoxazole
and diclofenac in humic acid solution. Multiwalled carbon nanotubes (MWCNTs) were
modified through oxidation and acidification [9] using concentrated HNO3 and H2SO4,
respectively, and were studied as Mn(II) adsorbents by Dou et al. The chemical treatment
had a positive impact on the Mn remediation efficiency, which was almost four times
higher than that of the pristine nanotubes. The reliability of the experimental results was
thoroughly validated by the PSO-BP simulation, and the findings can serve as a basis for
subsequent simulations.

A molecularly imprinted polymer (MIP) was synthesized by Zekker and coworkers
through bulk polymerization and utilized in wastewater treatment to enhance the adsorp-
tion of specific template molecules [10]. This process utilized ethylene glycol dimethacrylate
(EGDMA) as the crosslinker, methacrylic acid (MAA) as the functional monomer, acid
black-234 (AB-234) as the template, 2,2′-azobisisobutyronitrile (AIBN) as the initiator, and
methanol as the porogenic solvent. The adsorption capacity of the MIP for AB-234 was
significantly greater (94%) than that of the NIP (31%) at pH 5, with an estimated maxi-
mum capacity of 83 mg/g at 298 K based on the Langmuir model. The MIP exhibited an
imprinted factor (IF) of 5.13 and a Kd value of 0.53. Li and coworkers designed a new sul-
fonation process for an algal/polyethyleneimine (PEI) composite [11]. The functionalized
sorbent showed a triple sorption capacity for Sr(II) at pH 4 compared to its non-sulfonated
counterpart. The sulfonate groups played a key role in adsorption (as revealed by IR),
and sulfonation had a positive impact on thermal stability and porosity. The co-presence
of NaCl had a negligible influence on sorption, explaining the good Sr(II) remediation in
seawater samples, which was reproducible for at least five cycles. Wilfed and cowork-
ers tested solid-supported ionic liquid consisting of activated silica gel combined with
1-methyl-3-(3-trimethoxysilylpropyl) imidazolium thiosalicylate-based ionic liquid as an

2
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extractant of Pb(II) ions from aqueous solutions [12]. The formation of covalent bonds was
confirmed by solid-state NMR. The maximum Pb(II) removal capacity was recorded as
~9 mg/g, with the kinetics to be better described by a pseudo-second order model.

Linh Do et al. developed a system that utilizes sulfate-reducing and sulfide-oxidizing
processes to treat organic wastewater with high sulfate and sulfide levels [13]. The effects
of the COD/SO4

2− ratio and hydraulic retention time (HRT) on the removal efficiencies
of sulfate, COD, sulfide, and electricity generation were examined. The results indicated
that the removal efficiencies for COD and sulfate were stable, reaching ~95 and 93%,
respectively, throughout the operation. A power density of 18.0± 1.6 mW/m2 was recorded
alongside a sulfide removal efficiency of 93%. However, both sulfide removal efficiency and
power density gradually declined after 45 days. Scanning electron microscopy combined
with energy-dispersive X-ray analysis revealed that sulfur accumulated on the anode,
leading to decreases in sulfide oxidation and electrical generation. This study presents a
promising treatment system that could be scaled up for practical applications related to the
management of this type of wastewater.

Alhogbi and Balawi presented composite adsorbents consisting of kaolin-derived
zeolite and different mass ratios of palm tree fibers (Zeo-FPT) [14]. Mixing the two counter-
parts resulted in a composite that achieved faster and more efficient removal of methylene
blue. The remediation efficiency of the material, which consisted of a one-to-one mass ratio
of fibers and zeolite was strong; it achieved >99% removal of a low initial MB concentration
in bottled, tap, and well water. He and co-authors prepared a photo-active composite
using aminated lignin (AL) and titanate nanotubes [15]. AL was prepared according to
the Mannich reaction by modifying technical lignin (TL), while the composite (AL-TiNTs)
was formed via a hydrothermal synthesis approach. AL-TiNTs had a specific surface
area of 189 m2/g, indicating the formation of titanate nanotubes. AL-TiNTs showed an
ability to reduce Cr(VI) to Cr(III) and Cr under exposure to visible light, with maximum
chromium removal of 90 mg/g. AL-TiNTs also achieved high adsorption performances
against Zn2+ (64 mg/g), Cd2+ (59 mg/g), and Cu2+ (66 mg/g), with high efficiency in
simulated wastewater for up to four cycles.

Nair and co-authors reviewed the application of biochar-based materials as adsorbents
and support for microorganisms to achieve efficient bioremediation of various heavy
metal ions and/or pesticides, emphasizing and summarizing the predominant interaction
mechanisms and how the immobilized bacteria on biochar contribute to the improvement
of bioremediation strategies [16]. In conclusion, this paper outlines the future scopes of this
field based on the reviewed and discussed research.
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Abstract: The focus of this work was on developing a green, low-cost, and efficient biosorbent based
on the biological structure and properties of MT and applying it to the remediation of cationic dyes
in dye wastewater. The adsorption performance and mechanism of MT on methylene blue (MB) and
crystal violet (CV) were investigated by batch adsorption experiments. The results demonstrated that
the highest adsorption values of MT for MB (411 mg/g) and CV (553 mg/g) were greatly higher than
the reported values of other biosorbents. In addition, the adsorption behaviors of methylene blue
(MB) and crystal violet (CV) by MT were spontaneous exothermic reactions and closely followed
the pseudo-second-order (PSO) kinetics and Langmuir isotherm. Further, the depleted MT was
regenerated using pyrolysis mode to convert depleted MT into MT-biochar (MBC). The maximum
adsorption of Cu2+ and Pb2+ by MBC was up to 320 mg/g and 840 mg/g, respectively. In conclusion,
this work presented a new option for the adsorption of cationic dyes in wastewater and a new
perspective for the treatment of depleted biosorbents.

Keywords: Medulla tetrapanacis; cationic dye; adsorption; biosorbent

1. Introduction

The treatment of dye wastewater has always been one of the challenges of water pol-
lution. Cationic dyes have been employed in a wide range of fields, such as wool, printing
and dyeing, and pharmaceuticals, etc. The presence of cationic dyes in wastewater has
been reported to disrupt ecological balance [1] and posed certain risks to human health [2].
Therefore, wastewater would be purified to meet discharge standards. Various modalities
have been developed to eliminate heavy metal ions and dye molecules from wastewater,
including flotation [3–5], chemical precipitation, coagulation, bio-oxidation, ion exchange,
membrane filtration, and adsorption, etc. [6]. The adsorption method has the characteristics
of simplicity, high efficiency, and wide application, and is considered a feasible method
for treating dye wastewater. Currently, various types of adsorbents have been designed
to treat dye wastewater, including organic–inorganic composites [7], activated carbon [1],
hydrogel [8], biochar [9], and other adsorption materials. However, adsorption materials
are faced with problems such as unsatisfactory adsorption performance, high cost, and sec-
ondary pollution. Therefore, new adsorbents with high adsorption capacity, sustainability,
green attributes, and non-toxicity are urgently needed to solve the problem of dye-polluted
wastewater [10].

Tetrapanax papyriferus (Araliaceae) is mainly distributed in southwest China and is
characterized by fast growth and high reproductive capacity. MT is a columnar, white,
lightweight material derived from the pith of Tetrapanax papyriferus. The diameter and
length of MT range as 5–30 mm and 80–100 cm, respectively. MT is very famous as
traditional medicine in China, which is usually cut into slices for sale. The chemical
composition of MT was determined in the previous study [11], and holocellulose reached
82.03%, lignin content was only 5.37%, and ash content and ethanol/benzene extractive
content were 11.39% and 1.21%, respectively.
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The primary chemical constituents of natural plants are cellulose, hemicellulose, lignin,
and some minor components such as ethanol/benzene extractive, etc. The conversion
of natural biomass into biosorbents with high adsorption properties has proven to be a
promising research direction [12]. The feasibility of plant or industrial plant waste as
potential biosorbents for cationic dyes has been demonstrated by different studies, such
as with fallen leaves [13], Pine elliottii waste [14], walnut shells [15], straw and sugarcane
waste [12], and tree bark [16]. These biosorbents have captured interest because of their
extensive feedstock, environmentally friendly preparation processes, non-toxicity, and low
cost. Compared to traditional biomass materials, MT possesses a higher holocellulose
content and a special 3D porous microstructure. The high cellulose content means that the
adsorbent surface has more electronegative oxygen-containing functional groups, which
provide attachment sites for the adsorption of cationic dyes, while the regular porous
structure provides wide diffusion channels for the dye molecules [17]. Therefore, MT is
expected to be a biosorbent with excellent performance for cationic dyes. According to
the discovery of Lawal et al. [18], the high content of cellulose contributed substantially to
evolving mesopores, and biochar produced by high-cellulose biomass material was more
effective in the treatment of dye wastewater. The study of Lawal provided a new idea for
the treatment of depleted biosorbent. Additionally, citric acid was selected as a chemically
modified reagent to treat MT. CA is an edible acid, which has been widely applied to
modify various waste biomass materials to adsorb dyes. One of the advantages of this
modification method is the use of non-toxic reactants [19]. A previous study reported
that citric acid was used for kenaf fiber modification, and the adsorption efficiency for
MB (131.6 mg/g) was significantly enhanced [20]. Similarly, pine sawdust modified with
CA also improved the removal capability of MB (111.46 mg/g) [21]. It is known that
related studies prepared biochar from MT as a substrate for supercapacitors [22] and as
an adsorbent to adsorb heavy metal ions [11]. However, the excellent performance of MT
itself has not been noticed. The studies related to the application of MT as a biosorbent for
the removal of cationic dyes have not been reported.

In this study, the adsorption performance of MT for cationic dyes was evaluated using
two typical cationic dyes (MB, CV) as model dyes. The adsorption mechanism of MT on
cationic dyes was investigated. In addition, CA was applied as a modifier to improve the
adsorption properties of MT. Finally, MBC was prepared using depleted biosorbents to
avoid secondary pollution to the environment, and the adsorption performance of biochar
on Cu2+, Pb2+, MB, and Congo red (CR) was detected.

2. Results and Discussion
2.1. Characterization of MT

MT was considered to be an excellent adsorbent material because of its well-developed
pore structure, ultra-thin cell wall, and high holocellulose content. The SEM images of MT
sections are shown in Figure 1a–c. As shown in Figure 1a, the cross-section of MT showed
a regular honeycomb-like structure with an average pore size of about 200 µm. As can be
seen in Figure 1b,c, both the radial and tangential sections of MT were observed to exhibit
a honeycomb-like shape, which was obviously different from the other natural plant cell
wall structures. Therefore, it could be inferred that the MT was a naturally occurring 3D
penetrating porous structure. The 3D simulation of the MT spatial structure was shown in
Figure 1f. As shown in Figure 1d,e, the MT pore walls became thicker and smoother after
the adsorption of dyes. The phenomenon indicated that the originally white surface of
MT was also changed to the corresponding color due to adsorption of dyes. These results
demonstrated that MT had good adsorption capacity for cationic dyes.
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images of MT cross-section after adsorption of (d) MB, (e) CV. (f) The 3D simulation of the MT
spatial structure.

The FTIR spectra of MT (a), MT-MB (b), and MT-CV (c) are presented in Figure 2.
The stretching vibrations of O-H and C-H bonds on biomass materials correspond to the
peaks at 3340 cm−1 and 2920 cm−1, respectively. The peak at 1725 cm−1 was reported to
be associated with -COO- [23]. It was evident that the intensities of the absorption peaks
of MT at 1335 cm−1 and 886 cm−1 were increased after the adsorption of MB. The bands
at 1335 cm−1 and 886 cm−1 were attributed to the C-N bond in the MB molecules [24]
and the C-H bond in the aromatic ring [25], respectively. A noticeable enhancement of
the absorption peak at 1174 cm−1 was observed after the adsorption of CV, which was
attributed to the C=N on the CV molecule [24]. In conclusion, the electronegative oxygen-
containing functional groups on the surface of MT could be served as effective adsorption
points for binding to cationic dyes.

The pore structure characteristics of different biosorbents and activated carbon are
listed in Table 1. As seen in Table 1, the pore characteristics of MT were noticed to be
similar to other biosorbents, but was significantly different from activated carbon. The
specific surface area of MT (2.37 m2/g) was greatly lower than activated carbon (249 m2/g),
indicating that the adsorption of MT on dyes was mainly identified to be related to the
active groups on the surface of the biosorbent rather than physical filling [26]. The well-
developed macropore structure of MT was considered to facilitate the swelling and promote
the binding of dye molecules to the chemical groups on the MT surface [24].
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Table 1. Pore characteristics of different adsorbents.

Adsorbents Surface Area
(m2/g)

Pore Volume
(m3/g)

Pore Diameter
(nm) Sources

Straw 0.37 – – [26]
Eucalyptus leaves 7.40 0.0086 – [27]

Leaves of Magnoliaceae 7.85 0.0088 7.05 [13]
Sunflower pith 64.49 0.0500 1.34 [23]

Activated carbon 249 0.1330 3.09 [28]
MT 2.37 0.0026 4.41 This study

2.2. Adsorption Study
2.2.1. Effect of pH and MT Dosage on MB and CV Adsorption

The adsorption capacity of the biosorbent was significantly influenced by the pH of
solution mainly in two aspects: (1) The degrees of ionization of solute molecules were
controlled by the pH of the solution. (2) The pH value of the solution had an effect on
the structural stability and surface chemical properties of biosorbent [29]. The adsorption
mechanism of MT for cationic dyes can be further investigated by analyzing the influence of
solution pH. According to the preliminary experiment, the adsorbance of the MB solution
was observed to stabilize under acidic and slightly alkaline conditions (pH < 9), followed
by a drastic decline with increasing pH of the solution (10 < pH < 13). According to Lin
et al. [30], MB molecules had the property of converting into complex compounds under
alkaline conditions. The solution of CV was observed to exhibit a blue color under acidic
conditions (pH < 2) and gradually changed to green as the pH of the solution decreased.
To exclude the interference of pH on the adsorbance of the dye solution, the initial pH
of the dye solution was set to 3.0–9.0 in this study. The impact of pH on the adsorption
capacity is presented in Figure 3a. According to Figure 3a, the adsorption capacity of MT
for both MB and CV showed an increasing trend as the pH of the solution was increased.
In an acidic medium, the surface of MT was rich in positive charge, and part of the active
sites were occupied by protons. In an alkaline medium, the MT surface was deprotonated,
and more active sites were exposed, which was responsible for the significant increase in
MT adsorption capacity. Therefore, the initial pH of the dye solution was adapted to 9.0
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for further experiments. Based on the above analysis, electron donor–acceptor may be an
important mechanism for the adsorption of cationic dyes by MT, which was consistent with
the study of Dallel et al. [31]. It was also reasonable to infer that MT loaded with cationic
dyes could be desorbed and regenerated by competitive adsorption of H+ and MB+ under
acidic conditions to achieve the purpose of recycling. This result had also been verified in
subsequent experiments.
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The influence of adsorbent dosage and removal rate is shown in Figure 3b. According
to Figure 3b, the removal rate showed an increasing trend as the adsorbent dosage increased,
which could be explained by the fact that more adsorbents provided more adsorption
sites [32]. However, the number of dye molecules in a fixed volume of solution were limited.
The excess of adsorption sites over the saturation adsorption requirement indicated that
a lot of effective adsorption points were underutilized [33]. Obviously, the adsorption
capacity of MT for MB and CV was significantly reduced when the amount of adsorbent
addition was increased. Finally, the adsorbent dosage of 0.4 g/L was chosen to be applied
in the following experiments.

2.2.2. Effect of Adsorption Time on MB (CV) Adsorption and Kinetics Study

The influence of adsorption time on the adsorption capacity of MB and CV is displayed
in Figure 4a. The adsorption equilibrium time of MT for MB was 960 min, and that of
CV was 1500 min. The kinetic parameters of the MB and CV adsorption are presented in
Figure 4b–d and Table 2. The PSO kinetic model had a better fit than the PFO dynamics
model. Meanwhile, the adsorption capacity obtained by PSO kinetic fitting was closely in
accordance with the experimental adsorption capacity. The adsorption data closely followed
the PSO model, indicating that the adsorption for MB and CV by MT was dominated by
chemisorption, including electronic exchange or sharing [34]. The fitting curves of the
intra-particle diffusion model are presented in Figure 4c,d. The intra-particle diffusion
model for MB and CV adsorption by MT could be divided into three stages, which was
consistent with the study of Wang et al. [1]. In the first stage, the faster rate of adsorption
was attributed to the large difference between the internal and external concentration of
the adsorbent. In addition, the C value representing the boundary layer thickness tended
toward 0, indicating that there was a favorable surface compatibility between the MB
(or CV) molecules and MT. Therefore, intra-particle diffusion was identified as the main
rate-controlling step. In the second stage, part of the efficient sites on the biosorbent were
occupied, which led to a reduction in the adsorption rate. Adsorption to equilibrium was
observed in the third stage, where the efficient sites of biosorbent were completely occupied,
and the adsorption and desorption of dye molecules on MT reached a dynamic equilibrium.

9



Molecules 2022, 27, 6228

Molecules 2022, 27, x FOR PEER REVIEW 6 of 18 
 

 

dominated by chemisorption, including electronic exchange or sharing [34]. The fitting 
curves of the intra-particle diffusion model are presented in Figure 4c,d. The intra-parti-
cle diffusion model for MB and CV adsorption by MT could be divided into three stages, 
which was consistent with the study of Wang et al. [1]. In the first stage, the faster rate of 
adsorption was attributed to the large difference between the internal and external con-
centration of the adsorbent. In addition, the C value representing the boundary layer 
thickness tended toward 0, indicating that there was a favorable surface compatibility 
between the MB (or CV) molecules and MT. Therefore, intra-particle diffusion was iden-
tified as the main rate-controlling step. In the second stage, part of the efficient sites on 
the biosorbent were occupied, which led to a reduction in the adsorption rate. Adsorp-
tion to equilibrium was observed in the third stage, where the efficient sites of bio-
sorbent were completely occupied, and the adsorption and desorption of dye molecules 
on MT reached a dynamic equilibrium. 

 
Figure 4. (a) The effect of contact time on the performance for the adsorption of MB and CV by MT. 
Adsorption kinetics for the adsorption of MB and CV by MT: (b) pseudo-first-order model, pseudo-
second-order model, (c,d) intra-particle diffusion model. 

Table 2. Adsorption kinetics and intra-particle diffusion model parameters for the adsorption of MB 
and CV by MT. 

Model Parameters MB CV 

Pseudo-first-order 
Qe (mg/g) 287.70 303.09 
K1 (min−1) 0.0046 0.0050 

R2 0.89 0.94 

Pseudo-second-order 
Qe (mg/g) 328.99 348.97 

K2 (g/mg·min) 0.000019 0.000018 
R2 0.95 0.97 

Intra-particle 
diffusion 

Kid1 (mg·g−1·min−0.5) 14.19 14.52 
C1 (mg/g) 0.91 3.54 

R2 0.97 0.99 

Figure 4. (a) The effect of contact time on the performance for the adsorption of MB and CV by
MT. Adsorption kinetics for the adsorption of MB and CV by MT: (b) pseudo-first-order model,
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Table 2. Adsorption kinetics and intra-particle diffusion model parameters for the adsorption of MB
and CV by MT.

Model Parameters MB CV

Pseudo-first-order
Qe (mg/g) 287.70 303.09
K1 (min−1) 0.0046 0.0050

R2 0.89 0.94

Pseudo-second-order
Qe (mg/g) 328.99 348.97

K2 (g/mg·min) 0.000019 0.000018
R2 0.95 0.97

Intra-particle diffusion

Kid1 (mg·g−1·min−0.5) 14.19 14.52
C1 (mg/g) 0.91 3.54

R2 0.97 0.99

Kid2 (mg·g−1·min−0.5) 7.20 8.93

C2 (mg/g) 69.23 53.96
R2 0.99 0.96

Kid3 (mg·g−1·min−0.5) 0.34 2.67
C3 (mg/g) 298.12 227.92

R2 0.89 0.78
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2.2.3. Effect of Initial Concentration on MB (CV) Adsorption and Isotherm Study

The influence of the initial concentration of the dye for the adsorption of MB and CV
by MT was determined, as presented in Figure 5a. According to Figure 5a, the adsorption
ability of MB and CV showed an increasing trend as the initial concentration of dye in-
creased, and then tended toward equilibrium. This phenomenon ascribed to the presence
of a concentration grading between the adsorbent and the bulk of the solution, and the
larger molecular mass transfer force, was provided by the solution with higher initial
concentration. When the concentration of dye further increased, the effective sites of the
adsorbent were completely consumed, and the adsorption capacity tended to balance [35].
Adsorption isotherm is usually adopted to evaluate the complex interplay between ad-
sorbent and adsorbate, which is another important method to explore the mechanism of
adsorption [36]. Langmuir, Freundlich, and Temkin adsorption isotherms were employed
in this study. According to Figure 5b,c and Table 3, the Langmuir isotherm provided high
determination coefficients for the adsorption of MB (0.99) and CV (0.98). The maximum
adsorption capacity (Qmax) predicted by the Langmuir model was correlated closely with
the experimental result, indicating that the adsorption process of MT for dye molecules
was monolayer. Moreover, the maximum RL values of MB (0.48) and CV (0.71) were cal-
culated to be lower than 1, which was due to the adsorption procedure being favorable.
The adsorption capacity of various materials for MB and CV are compared in Table 4. As
evidenced by the table, MT has a good adsorption capacity for MB and CV.
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CV by MT. Adsorption isotherms for the adsorption of MB and CV by MT: (b) Langmuir model,
Freundlich model, and (c) Temkin model.

Table 3. Adsorption isotherm parameters for the adsorption of MB and CV by MT.

Dyes

Langmuir Freundlich Temkin

Qmax
(mg/g)

KL
(L/mg) R2 RL

KF
(mg·g−1·mg1/n·L−1/n) n R2 KT

(L/g)
bT

(J/mol) R2

MB 400 0.043 0.99 0.044–0.48 38.28 2.2 0.83 0.40 28.23 0.96
CV 588 0.016 0.98 0.11–0.71 16.98 1.5 0.94 0.15 15.83 0.97
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Table 4. Comparison of adsorption capacity of different adsorbents for MB and CV.

Adsorbents Adsorption Capacity
(mg/g) Dyes Sources

CMC/PAA/GO
composite 138.4 MB [37]

Rapanea ferruginea 106 CV [38]
Tea waste/Fe3O4 magnetic composite 333.3 CV [39]

Hickory chip biochars 310 MB [40]
PVDF/PDA/PPy composite 370.4 MB [41]

CNC/MnO2/SA
composite 114.5 MB [8]

Biochar from crisp persimmon peel 59.7 MB [42]
ZnO-Chitosan Nanocomposites 97.9 MB [43]

MT 400 MB This study
MT 553 CV This study

2.2.4. Thermodynamic Study

The thermodynamic parameters are shown in Figure 6 and Table 5. The spontaneous
and exothermic characteristics of MT for MB and CV adsorption could be explained by the
negative Gibbs free energy (∆Go) and the negative enthalpy (∆Ho). This result indicated
that the adsorption of MT for cationic dyes proceed spontaneously, which provided a
good premise for the practical application of MT. Enthalpy change represented the energy
that was changed during the adsorption process. When the adsorption process with
lower energy change (absolute value of ∆Ho is 0–20 KJ/mol) was described as physical
adsorption, and with higher energy change (absolute value of ∆Ho is 80–400 KJ/mol) it was
described as chemical adsorption [44]. As presented in Table 5, the absolute values of the
enthalpy of adsorption for MB and CV by MT were 25.75 and 14.98 KJ/mol, respectively.
Analysis of the data showed that the adsorption of MT for cationic dyes was a complex
procedure, which involved both physical and chemical adsorption. The negative entropy
(∆So) for the adsorption of MB and CV by MT illustrated a promoted reordering with
reduced randomness of biosorbent [10].
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Table 5. Adsorption thermodynamic parameters for the adsorption of MB and CV by MT.

Dyes ∆So (J/mol × K) ∆Ho (KJ/mol)
∆Go (kJ/mol)

R2
303K 313K 323K

MB −72.50 −25.75 −3.79 −3.06 −2.34 0.99
CV −33.68 −14.98 −4.77 −4.43 −4.10 0.99

2.2.5. Adsorption Mechanism

The adsorption of MT on cationic dyes was mainly influenced by the electronegative
oxygen-containing functional groups (the hydroxyl and the carboxyl group) of cellulose
and hemicellulose. The important role of oxygen-containing groups in the adsorption
process was further validated by FTIR analysis. Cationic dyes can be immobilized by
electronegative functional groups on MT through electron donor–acceptor. The adsorption
mechanism was further discussed through the analysis of the adsorption model. The
adsorption procedure closely followed the Langmuir isotherm and PSO kinetic model,
suggesting that the adsorption procedure was monolayer adsorption and chemisorption,
respectively. Meanwhile, intra-particle diffusion was the primary rate-controlling step in the
adsorption of dye molecules by MT in the early stages of the adsorption procedure. It was
noteworthy that the adsorption process may involve both chemical and physical processes
by thermodynamic analysis, which suggested that hydrogen bonding and electrostatic
interaction were equally important for the adsorption procedure [11]. The mechanism of
MT adsorption of dyes is demonstrated by Figure 7. The unique 3D penetrating porous
structure of MT was thought to facilitate swelling and provided channels for mass transfer
of dye molecules.
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2.2.6. Reusability of MT

The regeneration performance is an important criterion for evaluating the quality
of adsorbent. In this study, HCl (0.1 mol/L) was employed to remove the loaded dye
molecules on MT. As seen in Figure 8, the adsorption capacity and removal rate of dyes
by MT were observed to decrease slightly after three adsorption–desorption experiments,
but MT still exhibited high adsorption capacity. However, the structure of the cell wall
was destroyed by acids acting on glycosidic bonds hydrolyzing the matrix polysaccharides
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(cellulose and hemicellulose) [45]. In practice, the loose structure of MT after several cycles
of desorption was not conducive to recovery. In this regard, MBC was prepared by pyrolysis
of the depleted MT in nitrogen atmosphere. The adsorption properties of MBC for various
contaminants are discussed in the next section.
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2.2.7. Study on Adsorption Capacity of MBC

The depleted adsorbent will cause secondary pollution to the environment if it is not
properly treated. We innovatively recovered depleted MT, and the biochar was prepared
under a high-temperature nitrogen atmosphere using the depleted MT as raw material.
The results of exploration on the adsorption performance of MBC for MB, CR, Cu2+,
and Pb2+ are presented in Figure 9. The adsorption capacity of MBC for Cu2+ and Pb2+

reached 320 mg/g and 840 mg/g, respectively, which was in accordance with the previous
conclusion that MBC had good affinity for heavy metal ions. The adsorption capacity of
MBC on CR and MB were 125 mg/g and 80 mg/g, respectively. Apparently, the adsorption
performance of MBC on dyes did not meet our expectation. It will be our future work to
improve the adsorption capacity of MBC on dyes.
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2.2.8. Performance Study of Citric Acid Modified MT

CA was employed as a modifier for the chemical modification of MT in this study. The
modification effect of CA on MT was in two aspects. Firstly, the internal structure of MT was
changed after the reaction with the CA solution. Secondly, the surface of MT introduced
carboxyl groups through CA modification. The various properties of CAMT are presented
in Figure 10. As evidenced by Figure 10a, the pore wall structure of MT was retained after
CA modification, but the pore walls became thinner. It was noteworthy that inter-connected
cellulose fiber networks were formed inside the CAMT. These fiber bundles were derived
from the cell wall. During chemical treatment, part of the cellulose was detached from the
cell wall and freeze-dried to form an interconnected network structure, which provided a
better prerequisite for adsorption [46]. The change of the main peak of the MT and CAMT
occurred at 1725 cm−1 in Figure 10b, which was caused by the introduction of carboxyl
groups (COO-) after MT modification [47]. As seen in Figure 10c, the maximum adsorption
of CAMT for MB enhanced from 400 mg/g to 526 mg/g, while the maximum adsorption of
CV enhanced from 553 mg/g to 627 mg/g. After CA modification, the maximum adsorption
capacities of CAMT for MB and CV were increased by 31.5% and 13.4%, respectively. From
Figure 10d, it could be observed that the adsorption equilibrium times of MT for MB and
CV were 960 min and 1500 min, and that of CAMT were 360 min and 720 min for MB and
CV, respectively. The time consumed to achieve kinetic equilibrium was critical to evaluate
the efficiency and feasibility of adsorbents for water pollution control. The adsorption
equilibrium times of CAMT for MB and CV were reduced by 62.5% and 52%, respectively.
The above data analysis demonstrated that CA modification can effectively reduce the time
spent on the adsorption process and improve adsorption efficiency.
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3. Materials and Methods
3.1. Materials

MT was obtained in Bozhou (Anhui province, China). Sodium bicarbonate (NaHCO3),
copper nitrate (Cu(NO3)2), MB, sodium hydroxide (NaOH), CR, citric acid monohydrate
(CA), CV, hydrochloric acid (HCl), and lead nitrate (Pb(NO3)2) were acquired from Xilong
Scientific Co., Ltd. (Shantou, China). All other chemicals were used without further
refinement. All experiments used deionized water.

3.2. Preparation of CAMT and MBC

MT was cut into the size of 5 × 5 mm and then placed in a beaker with 0.4 mol/L citric
acid solution (w/w 1:50). The mixture was activated at 80 ◦C for 2 h, and then transferred to
an autoclave lined with Teflon, and subsequently placed in an oven at 120 ◦C for 0.5 h for
the esterification reaction. After completion of the reaction, MT was washed with NaHCO3
(0.1 mol/L) three times, and then deionized water was used to wash MT several times to
remove residual NaHCO3. Finally, the modified biosorbent was freeze-dried, and named
CAMT. The depleted biosorbent was dried at room temperature. The dried samples were
placed in a vacuum high-temperature tubular sintering furnace (BTF-1200C-II, BEQ, Hefei,
China) and pyrolyzed under nitrogen atmosphere. The heating rate was controlled at
5 ◦C/min, and the temperature was held at 700 ◦C for 2 h. After pyrolysis, the biochar
samples were first washed with hydrochloric acid (10 wt %) to remove ash, and then with
deionized water to neutral. After drying, the biochar was obtained and named MBC.

3.3. Characterization

Scanning electron microscope (VEGA3, TESCAN, Brno, Czech Republic) was applied
to determine the physical structure of the samples. Before measurement, the samples were
placed on conductive adhesive for vacuum gold spraying. Fourier-transform infrared
spectrometer (Bruker Tensor II, Bruker, Karlsruhe, Germany) was applied to identify the
functional groups of the samples. The pore structure of the samples was determined
with the surface area and porosity analyzer (ASAP2460, Micromeritics, Norcross, GA,
USA). The contents of MB and CV in aqueous solutions were measured at 665 nm and
590 nm by UV-vis spectrophotometer (TU-1810PC, PERSEE, Beijing, China), respectively.
The concentrations of Cu2+ and Pb2+ in the samples were detected by atomic absorption
spectrophotometer (TAS-990, PERSEE, Beijing, China).

3.4. Batch Adsorption Experiments

In batch adsorption experiments, 20 mg of biosorbent was added to a triangular flask
containing 50 mL and 200 mg/L of MB (or CV) solution, the pH of the suspension was
set to 9, and the suspension was subjected to a water bath oscillator at 303 K for 24 h at
120 rpm. The pH of the suspension was adjusted to 3.0–9.0 using 0.1 mol/L HCl or NaOH
to explore the influence of pH on the adsorption capacity. The dosage of biosorbent was set
at 10–50 mg to evaluate the influence of biosorbent dosage on the adsorption ability. The
exploration process of MBC for MB, CR, Cu2+, and Pb2+ adsorption capacity was similar to
the above procedure. All experiments were set up with three parallel groups of samples,
and the relative error of the experimental data was within 5%. The calculation formulas of
adsorption capacity and removal rate are as follows:

Qe =
(C0 − Ce)V

m
(1)

Qt =
(C0 − Ct)V

m
(2)

R =
(C0 − Ce)

C0
× 100 % (3)

16



Molecules 2022, 27, 6228

where Qe and Qt (mg/g) represent the adsorption capacities at adsorption equilibrium and
at time t, respectively. C0, Ct, and Ce (mg/L) represent the adsorbate concentrations in the
solution at the initial time, the fixed time t, and adsorption equilibrium, respectively. V (L)
represents the volume of solution. R (%) represents the removal rate. m (g) represents the
weight of adsorbent used.

3.5. Adsorption Kinetics Study

The concentration of MB (or CV) in suspension at different time points within 24 h
was determined to investigate the impact of adsorption time on MB (or CV) adsorption
ability. To elaborate adsorption mechanism precisely, pseudo-first-order (PFO) model, PSO
model, and intra-particle diffusion model are adopted to describe the adsorption process
and the equations can be expressed as [19]:

the PFO model:
Qt = Qe

(
1 − e−K1t

)
(4)

the PSO model:

Qt =
Qe

2K1 × t
QeK1 × t + 1

(5)

the intra-particle diffusion model:

Qt = Kidt
1
2 + C (6)

where Qe and Qt (mg/g) represent the adsorption capacity at adsorption equilibrium and
at time t, respectively. t (min) represents the adsorption time. C (mg/g) represents the
intercept. K1 (min−1), K2 (g/mg × min), and Kid (g/mg × min) are the constant of the PFO
rate, the PSO rate, and the intra-particle diffusion rate, respectively.

3.6. Adsorption ISOTHERM Study

The starting concentration of MB (or CV) was specified as 25–500 mg/L to evaluate
the impact of the starting concentration on the adsorption ability. Adsorption isotherms
are another critical methodology to study the adsorption mechanism and are crucial for
the optimization and use of adsorbents [36]. Langmuir, Freundlich, and Temkin isotherm
models were adopted to describe the equilibrium data. The equations are as follows [19]:

Langmuir:

Qe =
KLCe Qmax
1 + KLCe

(7)

RL =
1

1 + KLC0
(8)

Freundlich:
Qe = KFCe

1
n (9)

Temkin:
Qe =

RT
bT

ln KT +
RT
bT

ln Ce (10)

where C0 and Ce (mg/L) represent the starting and at-adsorption equilibrium concentration
of MB (CV), respectively. Qe and Qmax (mg/g) represent the maximum adsorption value
at equilibrium and theoretical maximum adsorption value, respectively. KL (L/mg), KF
(mg × g−1 × mg1/n × L−1/n), and KT (L/mg) represent the Langmuir, Freundlich, and
Temkin adsorption constant, respectively. n is the adsorption constant. RL is a dimension-
less separation coefficient for determining whether the adsorption process is favorable.
T (K) is the absolute temperature. bT (KJ/mol) represents the characteristic constant of the
Temkin model. R (8.314 J/mol × K) represents the universal gas constant.
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3.7. Adsorption Thermodynamic Study

The temperature range was set to 303–323 K to explore the influence of different tem-
peratures on the adsorption ability of MT. The adsorption mechanism and the driving force
of adsorption can be further explained through the analysis of adsorption thermodynamics.
Gibbs free energy (∆Go, KJ/mol), enthalpy (∆Ho, KJ/mol), and entropy (∆So, J/mol·K) are
calculated as follows [6]:

Kd =
Qe
Ce

(11)

ln Kd =
∆So

R
− ∆Ho

RT
(12)

∆Go = ∆Ho − T∆So (13)

where Qe (mg/g) represents the adsorption capacity. Ce (mg/L) represents the MB (or CV)
concentrations. T (K) represents the temperature in Kelvin. R (8.314 J/mol × K) represents
the universal gas constant. Kd is the thermodynamic equilibrium constant.

3.8. Regeneration Experiment

Desorption cycle experiment was used to assess the reusability of MT. An amount of
20 mg MT was added to a conical flask with 50 mL MB (or CV) solution (150 mg/L). The
MT was collected after equilibrium adsorption and desorbed in HCl solution (0.1 mol/L)
for 24 h. After desorption, MT was washed to neutral and then freeze-dried. The cycle
experiment was repeated 3 times, and the adsorption capacity of MT in each cycle was
measured.

4. Conclusions

In this study, MB and CV were used as model dyes, and the adsorption potential of
MT for cationic dyes was evaluated. Further, the mechanism of MT adsorption for cationic
dyes was investigated. The main findings are summarized as follows:

(1) The maximum adsorption capacities of MT for MB and CV reached 411 mg/g and
553 mg/g, respectively. In addition, the adsorption efficiency of MT for dyes could be
effectively improved by CA modification. Meanwhile, MT still possessed good adsorption
performance after three adsorption–desorption experiments. The above data proved that
MT was a promising biosorbent for the treatment of cationic dye contamination.

(2) The thermodynamic study demonstrated that the adsorption process was sponta-
neous and exothermic. The adsorption procedure closely followed PSO kinetic, and the
intraparticle diffusion was the main rate-controlling step. The 3D pore structure of MT was
mainly used for mass transfer of dye molecules rather than pore filling.

(3) The maximum adsorption capacities of MBC for Cu2+ and Pb2+ were 320 mg/g
and 840 mg/g, respectively, which indicated that the preparation of biochar for adsorption
of heavy metal ions using depleted MT as a carbon source is a feasible method to treat
depleted MT.

Author Contributions: All authors contributed to the study conception and design. Methodology,
J.Z.; writing—original draft, H.J.; formal analysis, Z.L.; data curation, L.Z.; supervision, Z.W.; writing—
review and editing, Y.G. and H.G. All authors have read and agreed to the published version of
the manuscript.

Funding: This research was funded by Natural Science Foundation of Anhui Province (2008085MC99);
Anhui Provincial Training Program of Innovation and Entrepreneurship for Undergraduates
(S202110364179); Anhui Agricultural University Training Program of Innovation and Entrepreneur-
ship (XJDC2021169) and (XJDC 2021433).

Institutional Review Board Statement: Not applicable.

Informed Consent Statement: Not applicable.

18



Molecules 2022, 27, 6228

Data Availability Statement: The data supporting this study are available when reasonably re-
quested from the corresponding author.

Acknowledgments: This work was supported by Anhui Agricultural University.

Conflicts of Interest: The authors declare that there are no conflict of interest associated with
this manuscript.

Sample Availability: Samples of the compounds are available from the authors.

References
1. Wang, B.; Zhai, Y.B.; Wang, T.F.; Li, S.H.; Peng, C.; Wang, Z.X.; Li, C.T.; Xu, B.B. Fabrication of bean dreg-derived carbon with high

adsorption for methylene blue: Effect of hydrothermal pretreatment and pyrolysis process. Bioresour. Technol. 2019, 274, 525–532.
[CrossRef] [PubMed]

2. Santoso, E.; Ediati, R.; Kusumawati, Y.; Bahruji, H.; Sulistiono, D.O.; Prasetyoko, D. Review on recent advances of carbon based
adsorbent for methylene blue removal from waste water. Mater. Today Chem. 2020, 16, 100233. [CrossRef]

3. Zhao, W.J.; Wang, M.L.; Yang, B.; Feng, Q.C.; Liu, D.W. Enhanced sulfidization flotation mechanism of smithsonite in the
synergistic activation system of copper–ammonium species. Miner. Eng. 2022, 187, 107796. [CrossRef]

4. Han, G.; Wen, S.M.; Wang, H.; Feng, Q.C. Sulfidization regulation of cuprite by pre-oxidation using sodium hypochlorite as an
oxidant. Int. J. Min. Sci. Technol. 2021, 31, 1117–1128. [CrossRef]

5. Wang, H.; Wen, S.M.; Han, G.; He, Y.X.; Feng, Q.C. Adsorption behavior and mechanism of copper ions in the sulfidization
flotation of malachite. Int. J. Min. Sci. Technol. 2022, 32, 897–906. [CrossRef]

6. Li, Q.; Li, Y.H.; Ma, X.M.; Du, Q.J.; Sui, K.Y.; Wang, D.C.; Wang, C.P.; Li, H.L.; Xia, Y.Z. Filtration and adsorption properties of
porous calcium alginate membrane for methylene blue removal from water. Chem. Eng. J. 2017, 316, 623–630. [CrossRef]

7. Dai, H.J.; Huang, Y.; Zhang, Y.H.; Zhang, H.; Huang, H.H. Green and facile fabrication of pineapple peel cellulose/magnetic
diatomite hydrogels in ionic liquid for methylene blue adsorption. Cellulose. 2019, 26, 3825–3844. [CrossRef]

8. Li, J.L.; Zhou, L.J.; Song, Y.K.; Yu, X.; Li, X.L.; Liu, Y.X.; Zhang, Z.R.; Yuan, Y.; Yan, S.; Zhang, J.M. Green fabrication of porous
microspheres containing cellulose nanocrystal/MnO2 nanohybrid for efficient dye removal. Carbohydr. Polym. 2021, 270, 118340.
[CrossRef]

9. Liu, L.H.; Yue, T.T.; Liu, R.; Lin, H.; Wang, D.Q.; Li, B.X. Efficient absorptive removal of Cd(II) in aqueous solution by biochar
derived from sewage sludge and calcium sulfate. Bioresour. Technol. 2021, 336, 12533. [CrossRef]

10. Jiang, L.; Wen, Y.Y.; Zhu, Z.J.; Liu, X.F.; Shao, W. A Double cross-linked strategy to construct graphene aerogels with highly
efficient methylene blue adsorption performance. Chemosphere 2021, 265, 129169. [CrossRef]

11. Zhang, L.P.; Li, W.Q.; Cao, H.S.; Hu, D.; Chen, X.; Guan, Y.; Tang, J.; Gao, H. Ultra-efficient sorption of Cu2+ and Pb2+ ions by
light biochar derived from Medulla tetrapanacis. Bioresour. Technol. 2019, 291, 121818. [CrossRef] [PubMed]

12. Halysh, V.; Sevastyanova, O.; Pikus, S.; Dobele, G.; Pasalskiy, B.; Gun’ko, V.M.; Kartel, M. Sugarcane bagasse and straw as
low-cost lignocellulosic sorbents for the removal of dyes and metal ions from water. Cellulose 2020, 27, 8181–8197. [CrossRef]

13. Guo, D.; Li, Y.X.; Cui, B.H.; Hu, M.; Luo, S.Y.; Ji, B.; Liu, Y. Natural adsorption of methylene blue by waste fallen leaves of
Magnoliaceae and its repeated thermal regeneration for reuse. J. Clean. Prod. 2020, 267, 121903. [CrossRef]

14. Bortoluz, J.; Ferrarini, F.; Bonetto, R.L.; Crespo, J.D.S.; Giovanela, M. Use of low-cost natural waste from the furniture industry for
the removal of methylene blue by adsorption: Isotherms, kinetics and thermodynamics. Cellulose 2020, 27, 6445–6466. [CrossRef]

15. Halysh, V.; Sevastyanova, O.; Riazanova, A.V.; Budnyak, B.P.; Lindstrom, M.E.; Kartel, M. Walnut shells as a potential low-cost
lignocellulosic sorbent for dyes and metal ions. Cellulose 2018, 25, 4729–4742. [CrossRef]

16. Hernandes, P.T.; Oliveira, M.L.S.; Georgin, J.; Franco, D.S.P.; Allasia, D.; Dotto, G. Adsorptive decontamination of wastewater con-
taining methylene blue dye using golden trumpet tree bark (Handroanthus albus). Environ. Sci. Pollut. Res. 2019, 26, 31924–31933.
[CrossRef]

17. Wang, Q.; Luo, C.M.; Lai, Z.Y.; Chen, S.Q.; He, D.W.; Mu, J. Honeycomb-like cork activated carbon with ultra-high adsorption
capacity for anionic, cationic and mixed dye: Preparation, performance and mechanism. Bioresour. Technol. 2022, 357, 127636.
[CrossRef]

18. Lawal, A.A.; Hassan, M.A.; Zakaria, M.R.; Yusoff, Z.M.; Norrrahim, M.N.F.; Mokhtar, M.N.; Shirai, Y. Effect of oil palm biomass
cellulosic content on nanopore structure and adsorption capacity of biochar. Bioresour. Technol. 2021, 332, 125070. [CrossRef]

19. Sun, L.; Chen, D.M.; Wan, S.G.; Yu, Z.B. Performance, kinetics, and equilibrium of methylene blue adsorption on biochar derived
from eucalyptus saw dust modified with citric, tartaric, and acetic acids. Bioresour. Technol. 2015, 198, 300–308. [CrossRef]

20. Sajab, M.S.; Chia, C.H.; Zakaria, S.; Jani, S.M.; Ayob, M.K.; Chee, K.L.; Khiew, P.S.; Chiu, W.S. Citric acid modified kenaf core
fibres for removal of methylene blue from aqueous solution. Bioresour. Technol. 2011, 102, 7237–7243. [CrossRef]

21. Zou, W.H.; Bai, H.J.; Gao, S.P.; Li, K. Characterization of modified sawdust, kinetic and equilibrium study about methylene blue
adsorption in batch mode. Korean J. Chem. Eng. 2013, 30, 111–122. [CrossRef]

22. Liu, B.; Yang, M.; Yang, D.G.; Chen, H.B.; Li, H.M. Medulla tetrapanacis-derived O/N co-doped porous carbon materials for
efficient oxygen reduction electrocatalysts and high-rate supercapacitors. Electrochim. Acta. 2018, 272, 88–96. [CrossRef]

19



Molecules 2022, 27, 6228

23. Ma, X.T.; Liu, Y.R.; Zhang, Q.B.; Sun, S.L.; Zhou, X.; Xu, Y. A novel natural lignocellulosic biosorbent of sunflower stem-pith for
textile cationic dyes adsorption. J. Clean. Prod. 2021, 331, 129878. [CrossRef]

24. Pang, X.N.; Sellaoui, L.; Franco, D. Adsorption of crystal violet on biomasses from pecan nutshell, para chestnut husk, araucaria
bark and palm cactus: Experimental study and theoretical modeling via monolayer and double layer statistical physics models.
Chem. Eng. J. 2019, 378, 122101. [CrossRef]

25. Feng, Y.F.; Dionysiou, D.D.; Wu, Y.H.; Zhou, H.; Xue, L.H.; He, S.Y.; Yang, L.Z. Adsorption of dyestuff from aqueous solutions
through oxalic acid-modified swede rape straw: Adsorption process and disposal methodology of depleted bio-adsorbents.
Bioresour. Technol. 2013, 138, 191–197. [CrossRef]

26. Liu, Q.M.; Li, Y.Y.; Chen, H.F.; Lu, J. Superior adsorption capacity of functionalised straw adsorbent for dyes and heavy-metal
ions. J. Hazard. Mater. 2019, 382, 121040. [CrossRef]

27. Ghosh, K.; Bar, N.; Biswas, B.A.; Das, S.K. Elimination of crystal violet from synthetic medium by adsorption using unmodified
and acid-modified eucalyptus leaves with MPR and GA application. Sustain. Chem. Pharm. 2021, 19, 100370. [CrossRef]

28. Sahu, S.; Pahi, S.; Sahu, K.J.; Sahu, U.K.; Patel, R.K. Kendu (Diospyros melanoxylon Roxb) fruit peel activated carbon—An
efficient bioadsorbent for methylene blue dye: Equilibrium, kinetic, and thermodynamic study. Environ. Sci. Pollut. Res. 2020,
27, 22579–22592. [CrossRef]

29. Deng, W.J.; Tang, S.W.; Zhou, X.; Liu, Y.; Liu, S.J.; Luo, J.W. Honeycomb-like structure-tunable chitosan-based porous carbon
microspheres for methylene blue efficient removal. Carbohydr. Polym. 2020, 247, 116736. [CrossRef]

30. Lin, D.C.; Shi, M.; Zhang, Y.M.; Wang, D.; Cao, J.F.; Yang, J.W.; Peng, C.S. 3D Crateriform and Honeycomb Polymer Capsule with
Nano Re-entrant and Screen Mesh Structures for the Removal of Multi-component Cationic Dyes from Water. Chem. Eng. J. 2019,
375, 121911. [CrossRef]

31. Dallel, R.; Kesraoui, A.; Seffen, M. Biosorption of cationic dye onto “Phragmites australis” fibers: Characterization and mechanism.
J. Environ. Chem. Eng. 2018, 6, 7247–7256. [CrossRef]

32. Dawood, S.; Sen, T.K. Removal of anionic dye Congo red from aqueous solution by raw pine and acid-treated pine cone powder
as adsorbent: Equilibrium, thermodynamic, kinetics, mechanism and process design. Water Res. 2012, 46, 1933–1946. [CrossRef]
[PubMed]

33. Yang, X.X.; Li, Y.H.; Du, Q.J.; Sun, J.K.; Chen, L.; Hu, S.; Wang, Z.H.; Xia, Y.Z.; Xia, L.H. Highly effective removal of basic fuchsin
from aqueous solutions by anionic polyacrylamide/graphene oxide aerogels. J. Colloid Interface Sci. 2015, 453, 107–114. [CrossRef]
[PubMed]

34. Mayakaduwa, S.S.; Kumarathilaka, P.; Herath, I.; Ahmad, M.; Al-Wabel, M.; Ok, Y.S.; Usman, A.; Abduljabbar, A.; Vithanage, M.
Equilibrium and kinetic mechanisms of woody biochar on aqueous glyphosate removal. Chemosphere 2016, 144, 2516–2521.
[CrossRef] [PubMed]

35. Mahdi, Z.; Yu, Q.J.; Hanandeh, A.E. Investigation of the kinetics and mechanisms of nickel and copper ions adsorption from
aqueous solutions by date seed derived biochar. J. Environ. Chem. Eng. 2018, 6, 1171–1181. [CrossRef]

36. Xu, Y.; Liu, S.B.; Tan, X.F.; Zeng, G.M.; Zeng, W.; Ding, Y.; Cao, W.C.; Zheng, B.H. Enhanced adsorption of methylene blue by citric
acid modification of biochar derived from water hyacinth (Eichornia crassipes). Environ. Sci. Pollut. Res. 2016, 23, 23606–23618.
[CrossRef]

37. Hosseini, H.; Zirakjou, A.; McClements, D.J.; Goodarzi, V.; Chen, W.H. Removal of methylene blue from wastewater using
ternary nanocomposite aerogel systems: Carboxymethyl cellulose grafted by polyacrylic acid and decorated with graphene oxide.
J. Hazard. Mater. 2022, 421, 126752. [CrossRef]

38. Chahm, T.; Martins, B.A.; Rodrigues, C.A. Adsorption of methylene blue and crystal violet on low-cost adsorbent: Waste fruits of
Rapanea ferruginea (ethanol-treated and H2SO4-treated). Environ. Earth Sci. 2018, 77, 508. [CrossRef]

39. Kumbhar, P.; Narale, D.; Bhsale, R. Synthesis of tea waste/Fe3O4 magnetic composite (TWMC) for efficient adsorption of crystal
violet dye: Isotherm, kinetic and thermodynamic studies. J. Environ. Chem. Eng. 2022, 10, 107893. [CrossRef]

40. Zhang, Y.; Zheng, Y.L.; Yang, Y.C.; Huang, J.S.; Zimmerman, A.R.; Chen, H.; Hu, X.; Gao, B. Mechanisms and adsorption capacities
of hydrogen peroxide modified ball milled biochar for the removal of methylene blue from aqueous solutions. Bioresour. Technol.
2021, 337, 125432. [CrossRef]

41. Ma, F.F.; Zhang, D.; Zhang, N.; Huang, T.; Wang, Y. Polydopamine-assisted deposition of polypyrrole on electrospun poly
(vinylidene fluoride) nanofibers for bidirectional removal of cation and anion dyes. Chem. Eng. J. 2018, 354, 432–444. [CrossRef]

42. Xie, L.Q.; Jiang, X.Y.; Yu, J.G. A Novel Low-Cost Bio-Sorbent Prepared from Crisp Persimmon Peel by Low-Temperature Pyrolysis
for Adsorption of Organic Dyes. Molecules 2022, 27, 5160. [CrossRef] [PubMed]

43. Zango, Z.U.; Dennis, J.O.; Aljameel, A.I.; Usman, F.; Ali, M.K.M.; Abdulkadir, B.A.; Algessair, S.; Aldaghri, O.A.; Ibnaouf, K.H.
Effective Removal of Methylene Blue from Simulated Wastewater Using ZnO-Chitosan Nanocomposites: Optimization, Kinetics,
and Isotherm Studies. Molecules 2022, 27, 4746. [CrossRef] [PubMed]

44. Zhang, H.Q.; Khanal, S.K.; Jia, Y.Y.; Song, S.L.; Lu, H. Fundamental insights into ciprofloxacin adsorption by sulfate-reducing
bacteria sludge: Mechanisms and thermodynamics. Chem. Eng. J. 2019, 378, 122103. [CrossRef]

45. Shah, R.; Huang, S.X.; Pingali, S.V.; Sawada, D.; Pu, Y.Q.; Rodriguez, M., Jr.; Ragauskas, A.J.; Kim, S.H.; Evans, B.R.; Davison, B.H.;
et al. Hemicellulose–Cellulose Composites Reveal Differences in Cellulose Organization after Dilute Acid Pretreatment. Biomacro-
molecules 2018, 20, 893–903. [CrossRef]

20



Molecules 2022, 27, 6228

46. Chen, C.J.; Song, J.W.; Cheng, J. Highly Elastic Hydrated Cellulosic Materials with Durable Compressibility and Tunable
Conductivity. ACS Nano 2020, 14, 16723–16734. [CrossRef]

47. Feng, Y.F.; Zhou, H.; Liu, G.H.; Qiao, J.; Wang, J.H.; Lu, H.Y.; Yang, L.Z.; Wu, Y.H. Methylene blue adsorption onto swede rape
straw (Brassica napus L.) modified by tartaric acid: Equilibrium, kinetic and adsorption mechanisms. Bioresour. Technol. 2012,
125, 138–144. [CrossRef]

21



Citation: Mongioví, C.; Jaillet, M.;

Lacalamita, D.; Morin-Crini, N.;

Lecourt, M.; Tapin-Lingua, S.; Crini,

G. A Strategy to Valorize a

By-Product of Pine Wood (Pinus

pinaster) for Copper Removal from

Aqueous Solutions. Molecules 2023,

28, 6436. https://doi.org/10.3390/

molecules28186436

Academic Editors: Yongchang Sun

and Dimitrios Giannakoudakis

Received: 12 July 2023

Revised: 28 August 2023

Accepted: 1 September 2023

Published: 5 September 2023

Copyright: © 2023 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

molecules

Article

A Strategy to Valorize a By-Product of Pine Wood
(Pinus pinaster) for Copper Removal from Aqueous Solutions
Chiara Mongioví 1, Maélys Jaillet 1, Dario Lacalamita 1 , Nadia Morin-Crini 1 , Michael Lecourt 2,
Sandra Tapin-Lingua 2 and Grégorio Crini 1,*

1 Chrono-Environnement, Université de Franche-Comté, CNRS, Faculté des Sciences, 25000 Besançon, France;
chiara.mongiovi@univ-fcomte.fr (C.M.); maelys.mydh@gmail.com (M.J.);
dario.lacalamita@univ-fcomte.fr (D.L.); nadia.crini@univ-fcomte.fr (N.M.-C.)

2 Institut FCBA, Institut Technologique Forêt Cellulose Bois-Construction Ameublement,
Domaine Universitaire, CS 90251, cedex 9, 38044 Grenoble, France; michael.lecourt@fcba.fr (M.L.);
sandra.tapin-lingua@fcba.fr (S.T.-L.)

* Correspondence: gregorio.crini@univ-fcomte.fr

Abstract: This study describes the valorization of a pine wood by-product (Pinus pinaster) in the form
of individualized fibers to a complex copper or more broadly metals present in an aqueous solution
using a batch process. The adsorption results show that pine fibres activated by sodium carbonate
are effective in recovering copper ions from monocontaminated or polycontaminated solutions of
varying concentrations in a few minutes. One gram of material captures 2.5 mg of copper present in
100 mL of solution at pH 5 in less than 10 min. The results are perfectly reproducible and independent
of pH between 3 and 5. The presence of the Na+ cation at concentrations of 0.1 M has no impact
on material performance, unlike that of Ca2+ ions, which competes with Cu2+ ions for active sites.
The adsorption process can be considered as rapid, as most of the copper is adsorbed within the
first 10 min of exposure. Investigation of modeling possibilities shows some limitations. Indeed, the
Weber and Morris and Elovich models show poor possibilities to describe all the kinetic data for
copper adsorption on fibres. This may prove that the mechanism is far more complex than simple
physisorption, chemisorption and/or diffusion. Complexation by wood fibers can be extended to
solutions containing several types of metals. The results of this study show that the field of selective
metal recovery could be a new way of valorizing by-products from the wood industry.

Keywords: wood; copper; adsorption; water decontamination

1. Introduction

In Europe, under the 2000 European Water Directive (WFD), companies that use large
volumes of water are classified for environmental protection (ICPE), and their substance
discharges are controlled to comply with regulatory values known as emission limit values
(ELVs). ICPE industries have to consider improving the treatment of their discharge in
order to improve chemical and ecological quality of water [1,2]. In France, the Région
Bourgogne Franche-Comté is particularly concerned with the problem of metal emissions.
It is a region of excellence, with a large number of companies in the surface treatment (ST)
sector of various industries, from automotive to aeronautics, electricity, metallurgy, tanning
and luxury goods (watchmaking, fashion industry, leather goods) [3].

The ST sector uses large volumes of water and chemical substances, and consequently
produces significant quantities of wastewater contaminated by a mixture of substances
with variable pH levels and high salinity. Among these substances, copper occupies an
important place. This metallic element is considered a priority substance by the French
Water Agency for ecological water quality. In addition, along with seven other metals
(cadmium, mercury, arsenic, lead, nickel, chromium and zinc), copper is used to calculate
an index called METOX (article R. 213-48-3 of the French Environment Code) to establish a
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toxicity threshold linked to the importance of metals present in the aquatic environment.
Copper, as a trace element and an industrial substance, is indispensable; it is found in
many products (food supplements, for example) and used in many sectors (agriculture,
viticulture, livestock farming, pharmaceuticals, cosmetology, etc.). However, it can also
be toxic if present in high concentrations. This is why this metal is the subject of special
attention [4–7].

In general, the technique used to decontaminate metal-contaminated water is physico-
chemical, which involves precipitating the metal elements by adding an alkalizing agent
such as lime or soda and separating the clarified water from the sludge formed by filtration
or sedimentation processes [8]. If the discharge complies with current regulations (for
copper, the ELV is 2 mg/L), it is released back to the environment. The current context is
increasingly focused on preserving the quality of water resources; consequently, manu-
facturers are being asked to implement techniques capable of achieving zero discharge of
pollutants, or at least of significantly reducing the ELV down to 2 mg/L for copper. How-
ever, this is not an easy task, since metals are present in trace amounts and are accompanied
by the organic load in complex polycontaminated and highly saline mixtures. In theory,
there are several techniques available to achieve a higher level of decontamination, comple-
mentary to chemical insolubilization, the physico-chemical technique traditionally used by
the ST sector to remove metals from their wastewater. Coupling physico-chemistry with
complementary treatments such as membrane filtration (nanofiltration, reverse osmosis),
adsorption, ion exchange or evaporation makes it possible to achieve the objective of zero
pollutant discharge. Each of these methods has its advantages and disadvantages [9].

In recent years, a new challenge has emerged: recovering metals present in wastewater
(diluted effluents, concentrated baths) or in treated water (discharges) in trace amounts and
recycling them [5,8–11]. The aim in this case is to recover metals instead of discharging them
into the environment. This challenge is relevant considering the current crisis situation
(rising raw material prices, financial speculation, shortages, environmentally unfriendly
extraction of metals, etc.). One of the techniques capable of retaining and complexing metals
is ion exchange. This treatment method is already used by ST manufacturers to produce
demineralized water, protect treatment baths and maintain their quality, recycle rinses, or
reduce the ELVs of the main metals (Cu, Ni, Cr, Al, etc.) present in water treated by physical
chemistry [9]. The ion exchange technology is also mainly used to recover high-value metals
(Au, Ag, Pd, Pt) present in low-concentration water. However, the ion exchange technology
is highly sensitive to the presence of suspended solids (SS), organic load (characterized by
the values of chemical oxygen demand, COD), salts, and pH. This is why, in wastewater
treatment plants (WWTPs), ion exchange is coupled with preliminary stages of filtration
to remove SS and activated carbon adsorption to remove COD. However, for small- and
medium-sized businesses, operating and maintenance costs can be significant. In addition,
it is difficult to effectively and selectively remove metals from complex mixtures, especially
because of the competition between different chemical species and the specific parameters
(highly variable pH, high salinity) of each type of effluent. In addition, carbon reactors and
resin filters are known to quickly become saturated. They must then either be replaced
(in the case of coals), or regenerated (resins), which generates additional costs. Therefore,
effective, simple, viable and environmentally friendly techniques for recovering metals are
to be identified [7,9,11–25].

The adsorption of pollutants on inexpensive lignocellulosic materials is well known [26–33].
These media are used as biosorbents in ion exchange, chelation or adsorption processes to
complex metals, dyes, hydrocarbons, bacteria and viruses present in an aqueous solution or
in leachates. Numerous studies have been published, and the materials proposed take the
form of sawdust, bark and hurds (shives), for example, from wood, hemp and flax, either
raw or chemically modified. Lignocellulosic materials modified by grafting carboxylic
functions onto their surface have been proposed as adsorbents because of the ion exchange
properties of these functions. This grafting strongly modifies their affinities for dyes or their
selectivity towards hard or soft metals, as, for example, in [7,12,14,15,26,27,30,34–45]. Fewer
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studies have been carried out on fibers extracted directly from wood, without chemical
modification or grafting [14,15,44].

Maritime pine (Pinus pinaster) is a cultivated species in southern Europe. It is used in
a variety of applications: as lumber in sawmills for applications in construction, furniture
and processing industries such as particleboard or pulp for paper. Controlled mechanical
defibration of wood produces isolated fibers or fiber bundles that can be recovered in
bulk or in panels by dedicated plants. New ways of adding value to the wood industry
by-products need to be identified to strengthen the sector. This study is part of an industrial
project to develop low-cost, effective technologies for treating wastewater contaminated
with metals such as copper from the surface treatment process. Two industrial partners are
heavily involved: The first wishes to explore new ways of adding value to wood, and more
specifically maritime pine fibers, and the second wishes to selectively recover the copper
present in concentrated baths, finding methods of treating polycontaminated wastewater
capable of reducing the copper emission limit value set at 2 mg/L for its discharges. To our
knowledge, this is the first time that pine material has been used for these purposes.

In this study, wood fibers, activated by sodium carbonate Na2CO3, are used as an
adsorbent material of complex copper ions present in synthetic solutions reproducing
real-life conditions of industrial baths and discharges. The complexation properties of the
materials, obtained by the batch method and expressed in terms of adsorption capacity or
% reduction, are described. The influence of several batch variables such as initial copper
concentration, material dose, contact time, initial solution pH, as well as the presence of
salts (NaCl, CaCl2) in the solution to be treated is evaluated and discussed. Experimental
data are modeled using equations (adsorption isotherms and kinetic models) commonly
used in the literature.

2. Results and Discussion

The activation of materials with sodium carbonate is a process proposed by the
industrial partner to activate carboxylic functions. Preliminary studies have shown that
this type of activation leads to changes in both the structure of materials and their chemical
composition, in line with numerous published studies on the subject [13–15,44]. SEM
images and EDS spectra of maritime pine materials in raw (Pin-R), washed (Pin-W) and
sodium carbonate-activated (Pin-C) forms are shown in Figure 1. In the spectrum of the
Pin-R sample, the presence of the calcium signal can be observed, which disappears after
a simple water wash. For the Na2CO3-activated sample (Pin-C), a new sodium signal is
observed. SEM images also show a smoother, softer surface for Pin-W and Pin-C materials.
Some fine elements observed onto the fibers generate during mechanical processing are
washed away.

Figure 2 compares the copper elimination obtained on washed (Pin-W) and activated
(Pin-C) pine materials, for three initial copper concentrations present in an aqueous solu-
tion with an initial pH close to 5 (pH generally encountered in industrial water from the
surface treatment process). The copper elimination is expressed in % of removed pollutant
(abatements). Whatever the concentration, the abatements measured for sodium carbonate-
activated pine are always higher than those for washed pine. These eliminations are high:
1 g of the activated material is capable of complexing all of the 2.5 g of copper introduced
in a 100 mL volume, the reduction being close to 100%, whereas for washed pine, the value
is close to 60%. This result demonstrates the interest of activating the adsorbent material
with sodium carbonate, as carboxylic acids are converted into carboxylate functions, which
then enable the metal cations to be complexed. This interpretation was confirmed by two
phenomena: the first concerned the systematic increase in the final pH value, indicating
the presence of chemical interactions; the second concerned the increase in sodium con-
centrations found in the supernatants after adsorption, confirming interactions by ion
exchange, with the sodium cation carried by the active sites of the fibers being replaced
by the metal cation in the aqueous solution. Similar interpretations have been reported in
the literature [13,40,41,44]. Finally, the results in Figure 2 were repeated five times under
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identical batch conditions, and the standard deviation values showed the reproducibility
of the data.
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Figure 2. Comparison of copper abatements (expressed in % of removed pollutant) obtained on
two pine materials, washed (Pin-W) and activated (Pin-C), at three initial concentrations of copper
(other conditions: volume of solution = 100 mL; mass of material = 1 g; contact time = 120 min;
T = 22 ± 1 ◦C; pHi = 5.1–5.4 ± 0.1; agitation = 250 rpm; n = 5).

The results in Figure 2 were obtained with a contact time of 120 min, the same as that
used by the manufacturers in their batch tests. Nevertheless, the effect of contact time on
copper removal by both materials was investigated (Figure 3). The study was conducted
over a time range from 5 to 240 min and at two different copper concentrations, 25 and
50 mg/L, with the other batch conditions held constant. The experimental results were
represented by plotting the amount of adsorbed copper (qt in mg/g) at time t as a function
of the time variable (t in min). The data in Figure 3 show that qt values increase with time
and initial copper concentration until equilibrium is reached. Irrespective of concentration,
higher adsorbed quantities were obtained for the activated material compared to the
washed pine. At the start of the adsorption process, the presence of a large number of
accessible open active sites on the surface favored rapid copper adsorption: qt values
increased very rapidly. Then, as contact time was extended, ions moved through the pores
of the adsorbent (internal diffusion). The number of free sites and their accessibility then
began to decrease, and reaction equilibrium was reached. The data clearly indicated that
the adsorption process can be considered rapid, since the greatest quantity of copper was
adsorbed by the fibers within the first 10 min of adsorption. This result can be explained by
the presence of strong interactions between the materials and the metal ions via surface
adsorption, diffusion into the wood material network and chemisorption.
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Figure 3. Kinetics of adsorption of copper ions by washed Pin-W (a) and activated Pin-C (b) pine ma-
terials at two different concentrations, 25 and 50 mg/L (other conditions: solution volume = 100 mL;
mass of material = 1 g; T = 22 ± 1 ◦C; pHi = 5.2–5.4 ± 0.1; stirring = 250 rpm; n = 3).

Experimental kinetic data were modeled using various empirical models commonly
used in the literature [46–53]. The graphical representations of these models are shown
in Figure 4, and the calculated parameters are presented in Table 1. The first model used
is the pseudo-first-order model established by Lagergren [54], which considers that the
occupancy rate of adsorption sites is proportional to the number of unoccupied sites. This
model is expressed by Equation (3), in which qe and qt, respectively, represent the quantity
of metal adsorbed at equilibrium and time t (mg/g), and k1 is the pseudo-first-order rate
constant (min−1). Interpretation of these results showed that Lagergren’s model did not
apply to our data set (Figure 4; Table 1), and that copper was therefore not adsorbed by
maritime pine fibers by occupying a localized adsorption site.
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Figure 4. Graphical representations of the kinetic models of Lagergren, Ho and McKay, Weber and
Morris, and Elovich for Pin-W washed pine and Pin-C activated pine materials at two different
concentrations, 25 and 50 mg/L.

Table 1. Theoretical parameters for the kinetic models of Lagergren, Ho and McKay, Weber and
Morris, and Elovich (units: Ci in mg/L; qe,exp et qe,cal in mg/g; k1 in min−1; k2 in g/mg min et Kp in
mg/g min1/2; α in g/mg et β en mg/g).

Lagergren Ho et McKay Weber et Morris Elovich

Ci qe,exp qe,cal k1 R2 qe,cal k2 R2 Kp C R2 α β R2

Pin-W
25 1.60 0.19 0.014 0.3087 1.59 0.303 0.9980 0.006 1.48 0.1448 6 × 1035 58 0.0632
50 2.06 0.28 0.018 0.3261 2.53 0.250 0.9996 0.013 2.33 0.3825 7 × 1022 24 0.2835

Pin-C
25 2.53 0.69 0.020 0.7598 2.08 0.122 0.9997 0.052 1.38 0.6661 4 × 101 5 0.8622
50 4.26 0.101 0.020 0.6089 4.35 0.073 0.9994 0.058 3.47 0.6495 3 × 106 5 0.6049

The second model is that of Ho and McKay, or the pseudo-second-order model [55],
which is widely used in the literature due to its simplicity. It is expressed by Equation (4)
in which qe and qt represent, respectively, the amount of metal adsorbed at equilibrium
and time t (mg/g) and k2 is the pseudo-second-order rate constant (g/mg min). Plotting
1/qt as a function of time t systematically yields a linear plot with regression coefficients
close to one (Table 1). The application of the Ho and McKay model enabled us to fit our
experimental data to those obtained by calculation (Figure 4, Table 1). Indeed, the qe values
found theoretically by this model were closer to those found experimentally than those
calculated by the pseudo-first-order model. However, this model, being empirical and
without scientific basis, provided no information on the adsorption mechanism. Like the
Lagergren model, the Ho and McKay model simply suggested that adsorption depends on
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the adsorbent–adsorbent couple. In the literature, other simplified models such as those
of Weber and Morris (intraparticle diffusion model) [56] or Elovich (chemisorption or ion
exchange model) [57] have been used to obtain information on these mechanisms.

The intraparticle diffusion model, widely used in the literature despite numerous
recent criticisms, is based on a concept of diffusion in the pores of the material. In addition
to the models of Lagergren and Ho and McKay, the applicability of the Weber–Morris
model makes it possible to hypothesize the interactions (physisorption, chemisorption
and, above all, diffusion) involved in the adsorption process, and thus to define the limit
stage of the kinetics [56]. The graphical representation of this model (Equation (5)) offers a
constant for the rate of intraparticle diffusion (mg/g min1/2) and an index for the thickness
of the boundary layer (the higher the index, the thicker the boundary layer). In general,
three lines were observed: the first, and clearest, corresponded to the external diffusion
stage (film diffusion), the second represented the internal or intraparticle diffusion stage,
and the third was the final equilibrium stage (adsorption reaction). Analysis of kinetic
data over the whole range from 0 to 240 min contact time showed the non-adjustment of
experimental data with those calculated from the Weber and Morris intraparticle diffusion
model (Table 1). The values of the correlation coefficients were indeed low for the entire
time range studied. Consequently, for Pin-W and Pin-C materials and for both copper
concentrations, the data set did not follow the Weber and Morris model, so that internal or
external diffusion was not the main mechanism controlling adsorption kinetics.

The final model is that of Elovich [57]. In general, this chemisorption model is used to
describe adsorption processes characterized by the presence of a heterogeneous surface
and to assess the chemical nature of the adsorption mechanism. However, the R2 values ob-
tained for the two pine materials showed that this model did not apply to the experimental
data (Table 1), regardless of the concentration used.

The structure of the fibers, made up of tangles of cellulose microfibrils coated with
hemicellulose and lignin in the outer layer, and the anatomy of the fibers, with a more or
less accessible lumen, justify such an approach to diffusion and chemisorption. However, a
full analysis of the modeling via these Weber and Morris and Elovich models has shown
that neither of these two models is entirely satisfactory in describing all the kinetic data
for copper adsorption on maritime pine. The mechanism is far more complex than simple
physisorption, chemisorption and/or diffusion [46–53]. Indeed, lignocellulosic materials
such as those in this work are known to have a complex structure, with fibers consisting of
tangles of cellulose microfibrils covered with hemicellulose and lignin in the outer layer, as
well as fiber anatomy with a more or less accessible lumen.

The results in Figure 5 describe the impact of initial copper concentration on the
purification performance of washed and activated pine materials. For this study, a series of
experiments was carried out with initial concentrations ranging from 10 to 200 mg/L, while
all other batch conditions were constant. For the same quantity of wood fiber, increasing the
concentration lead to a decrease in the abatement rate through progressive saturation of the
active sites. Activated pine once again demonstrated high performance even at high copper
concentrations, confirming the interest of the chemical activation of the material. Indeed,
for an initial concentration of 100 mg/L, the abatement rate of activated pine was of the
order of 80%, and could therefore enable the recovery of copper present in industrial baths.
For concentrations of industrial interest (below 10 mg/L), Pin-C was capable of complexing
all the copper present in the solution, and thus of achieving the decontamination objective
(reduction of ELV < 2 mg/L). Finally, however, it should be noted that the abatement rate
observed for washed pine did not follow the same trend as that for activated pine.
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Figure 5. Effect of the initial copper concentration on the purification performance (expressed in
% of removed copper) of washed (Pin-W) and activated (Pin-C) pine materials (other conditions:
volume of solution = 100 mL; mass of material = 1 g; contact time = 120 min; T = 22 ± 1 ◦C; pHi =
4.7–5.6 ± 0.1; stirring = 250 rpm; n = 3).

To determine the theoretical isotherm followed by copper adsorption by maritime pine
fibers and predict, by calculation, the maximum adsorption capacity (qm) of this material,
three empirical equations were applied: Langmuir [58], Freundlich [59], and Temkin [60].
The simplest model used in the literature to describe adsorption properties is that proposed
by Langmuir. This simplified model is given by Equation (7), where qe represents the
equilibrium adsorption capacity (mg/g), Ce is the equilibrium concentration (mg/L) and
K is the Langmuir constant (L/g). Its graphical representation enables us to estimate
the maximum adsorption capacity of a given material (qm in mg/g), corresponding to
adsorbent saturation [58]. According to the assumptions of this model, the following
information can be deduced: uniform material surface, localized adsorption on a fixed
number of sites, instantaneous and reversible reaction, identical active sites capable of
binding only one pollutant, no interaction between pollutants, constant adsorption energy
and monolayer adsorption with the existence of a saturation plateau value [3,48,50].

The Freundlich equation is also widely used. According to this model, the material
surface is heterogeneous and interactions are possible between the adsorbates forming a
multilayer [59]. In addition, this empirical equation assumes that there is a large number of
active sites available on the material surface, acting simultaneously, each with a different
adsorption free energy. Adsorption is reversible and infinite. In Equation (8), KF is the
Freundlich constant (mg1-(1/n) L1/n/g) and nF is a heterogeneity coefficient. The value of
1/nF is between zero and one and indicates the degree of non-linearity between solution
concentration and adsorption. If the value of 1/nF is equal to unity, adsorption is linear;
if the value is less than unity, this implies that the adsorption process is favorable; and
if the value is greater than unity, the adsorption is an unfavorable process. The more
heterogeneous the surface, the closer the value of 1/nF to zero.

Temkin and Pyzhev studied the effects of certain indirect interactions between ad-
sorbate and adsorbate on adsorption isotherms [60]. They suggested that, due to these
interactions and ignoring concentration values, the heat of adsorption of all adsorbates in
the layer would decrease linearly with coverage. This concept is expressed by the so-called
Temkin Equation (9), in which KT is the equilibrium binding constant (L/g) corresponding
to the maximum binding energy and B is another constant (J/mol) related to the adsorption
energy [46,49].
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The results described in Figure 6 and Table 2, respectively, show graphical representa-
tions of the experimental data modeled by these three equations and the corresponding
parameters calculated. Interpretation of these data showed a better match with the experi-
mental data by applying the Langmuir model. The Langmuir equation can also be used to
calculate qm: for Pin-W and Pin-C, values of 2.2 and 3.9 mg of copper per gram of material,
respectively, were obtained. Similar values were recently reported in the literature [7].
These values are of the same order of magnitude as those described in the literature for
other lignocellulosic materials. The data in Table 2 show 1/nF values below one, indicating
a favorable adsorption process. Finally, the Temkin and Pyzhev model is not applicable to
our data set.
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Figure 6. Representations of adsorption isotherms of experimental results modelled by the Langmuir,
Freundlich and Temkin equations.

Table 2. Theoretical parameters calculated from the Langmuir, Freundlich and Temkin equations
(units: qm in mg/g; K in L/mg; KF in mg1-(1/n) L1/n/g; KT in L/g; B in J/mol).

Langmuir Freundlich Temkin

qm K R2 1/nF KF R2 B KT R2

Pin-W 2.2 1.01 0.9813 0.26 0.70 0.8621 0.30 7.9 0.5659

Pin-C 3.9 0.10 0.8681 0.31 1.76 0.6002 0.79 27.9 0.4377

The data in Figure 7 describe the effect of the initial dose of washed and activated
materials on the adsorption of copper present at concentrations of 25 and 50 mg/L. These
results show that, for the same initial concentration, the increase in the concentration of
maritime pine fibres in the water leads to an increase in the abatement rate due to the
increase in the number of active sites available for the adsorption of metal cations. For
activated pine, a dose of 1 g is sufficient to obtain the highest purifying percentages at the
concentration of 25 mg/L. For 50 mg/L of copper, abatement rates are lower. However, to
increase these levels, it is enough to increase the amount of fiber present in the water to be
treated. The replacement of a conventional adsorbent by a bioadsorbent implies that the
latter has a similar or even better performance at the same or lower cost, which is the case,
our material being an abundant and cheap co-product.

One of the most important parameters in an adsorption process is pH because it
modifies both the surface charge of the adsorbents and the chemistry of the elements to be
complexed. Figure 8 describes the effect of the initial pH of the solution to be treated on
the reduction in copper by the two types of fibers at two different doses of copper. This
study was carried out for pH values between two and five because at values above five,
copper begins to precipitate [7]. Analysis of the data showed that the optimal pH range for
the highest performance is between four and five, especially for activated pine. At the two
doses studied, the trends were identical for both materials. The lower the pH, the lower the
abatement values. Especially at pH 2, copper abatement was very low, because at this pH,
cupric ions compete with H+ ions for active sites [7].
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Figure 7. Effect of the mass of adsorbent used on copper abatement (expressed in % of removed
pollutant) by washed (Pin-W) and activated (Pin-C) pine materials at two different concentrations, 25
and 50 mg/L (other conditions: volume of solution = 100 mL; contact time = 120 min; T = 22 ± 1 ◦C;
pHi = 5.2–5.4 ± 0.1; agitation = 250 rpm; n = 3).
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Figure 8. Effect of the initial pH of the solution on copper abatement (expressed in % of removed
pollutant) by washed (Pin-W) and activated (Pin-C) pine materials at two different masses, 0.5
and 1 g (other conditions: volume of solution = 100 mL; [Cu] = 25 mg/L; contact time = 120 min;
T = 22 ± 1 ◦C; stirring = 250 rpm; n = 3).

In order to study the impact of ionic strength on the purification performance of
materials, different concentrations of NaCl and CaCl2 salts were explored, as these salts
are widely used in surface treatment. Three molar concentrations were studied: 0.1, 0.5
and 1 mol/L, which correspond to 5.8, 29 and 58 g/L for NaCl and 11, 55 and 110 g/L for
CaCl2. Values between 0.1 and 0.5 M are representative of those found in effluents and
industrial discharges. The results in Figure 9 show a significant drop in the purification
performance of materials with the increase in salt concentration. Indeed, the adsorption
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rates for washed pine decreased from 58% to 10% for Na+ and from 58% to 5% for Ca2+,
respectively, in the absence of salt and at a concentration of 1 M of Na+ or Ca2+. For
activated pine, the abatements were reduced from 97% to 30% for Na+ and 9% for Ca2+.
These results can be explained by the suppression of electrostatic interactions. Indeed,
when the amount of salt increased, i.e., an increase in the ionic strength of the solution
occurred, the amount of Ca2+ or Na+ ions increased, which masked the active sites of pine
fibers for Cu2+ ions. Nevertheless, at the concentration of 25 mg/L of copper and in the
case of the addition of NaCl, activated pine was able to remove about 30% of copper even at
the concentration of 1 M of Na+, which demonstrates a very important selectivity. Another
interesting observation was that the presence of the Ca2+ cation had more effect on copper
adsorption than the presence of the Na+ cation, which can be explained by the fact that
Ca2+ ions are more similar to Cu2+ ions in terms of their physical and chemical properties
(ionic radius, charge, etc.). There is, therefore, competition between Ca2+ and Cu2+ ions for
active sites.
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Figure 9. Effect of presence of NaCl and CaCl2 in the solution on copper abatement (expressed in %
of removed pollutant) by Pin-W (a) and activated Pin-C (b) pine materials (other conditions: volume
of solution = 100 mL; mass of material = 1 g; [Cu] = 25 mg/L; [Na+] = [Ca2+] = 0.1, 0.5 and 1 mol/L;
contact time = 120 min; T = 22 ± 1 ◦C; stirring = 250 rpm; pH = 5.4 ± 0.1; n = 3).

Some industrial baths resulting from the processes are generally characterized by high
concentrations of copper (of the order of g/L) but relatively insignificantly contaminated by
other chemical species. On the contrary, in industrial discharges that are sent into aquatic
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environments, copper can be found, but also other cations such as Ni, Mn, Zn, Na and Ca.
However, the concentrations are lower, of the order of a few tens of mg/L. The results of
Figure 10 describe the purification performance of activated pine material towards several
cations present in a monocontaminated solution at a concentration of 25 mg/L. Other batch
conditions are constant, as in the case of monocontaminated copper solutions. For this
concentration, the following order of affinity was obtained: Cu > Ca > Mn > Ni ~ Zn >>>
Na, with abatements of 100%, 96%, 90%, 76%, 71% and 0%. The sodium was not adsorbed
at all by the treated maritime pine and was even released into solution in all experiments,
which confirms the exchange of ions. On the contrary, calcium was largely adsorbed by
activated pine, which showed a great affinity of this material vis-à-vis the mineral. The
difference in the degree of biosorption can be attributed to the physical and chemical
characteristics of each element, namely ionic radius, molar mass and electronegativity [61].
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Figure 10. Comparison between adsorption capacities (expressed in % of removed pollutant) of
activated pine material towards several cations present in monocontaminated solution at a concen-
tration of 25 m/L (other conditions: volume of solution = 100 mL; mass of material = 1 g; contact
time = 120 min; T = 22 ± 1 ◦C; stirring = 250 rpm; pHi = 5.4–5.9 ± 0.1; n = 5).

Adsorption experiments in solutions polycontaminated with four metals (Ni, Mn, Zn
and Cu) were performed by selecting the initial concentration of each metal of 25 mg/L or
100 mg/L in total metals. The influence of the presence of Na+ and Ca2+ ions was studied
by adding to the initial solutions a quantity of salt at the concentration of 0.1 mol/L, i.e.,
2.3 g of Na+ and 4 g of Ca2+. The results are shown in Figure 11. In the mixture, regardless
of the experience, the order of affinity was as follows: Cu >> Zn > Ni > Mn. This order was
independent of the presence of salt. Of the 10 mg of metals present in the 100 mL of the
initial solution, 1 g of activated pine adsorbed 4.12 mg of the four metals. In the presence
of NaCl or CaCl2, this value increased to three, 21 and 0.92 mg, respectively. Activated
pine, therefore, has an excellent biosorption capacity for the four metals present in the
polycontaminated solution, in particular for the 2.5 mg copper present in the 100 mL of the
batch solution. In addition, it can be seen that this selectivity for copper remains important
despite the presence of Na+ and Ca2+ ions.

Characterization analyses by EDS spectroscopy were performed for the fibers of Pin-C
after copper adsorption (Pin-CCu). On the spectrum obtained after adsorption, a new peak
due to copper could be observed (Figure 12).
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Figure 11. Comparison between adsorption capacities (expressed in % of removed pollutant) of acti-
vated pine material towards 4 cations (Ni, Mn, Zn and Cu) present in polycontaminated solution at a
total concentration of 100 mg/L in the presence or without CaCl2 and NaCl (other conditions: volume
of solution = 100 mL; mass of material = 1 g; individual concentration of each cation = 25 mg/L;
[Na+] = [Ca2+] = 0.1 mol/L contact time = 120 min; T = 22 ± 1 ◦C; stirring = 250 rpm; pH = 5.3 ± 0.1;
n = 3).
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3. Materials and Methods
3.1. Materials

Maritime pine fibers derived from a mechanical defibration process were supplied
by the FCBA Institute (France). These fibers were treated by simple washing with water
and activation with sodium carbonate Na2CO3, according to a protocol developed by the
industrial partner. Table 3 describes the chemical composition of the washed and carbonate-
treated fibers. Extractive content was measured using the acetone-water extraction sequence
on a Soxtec Automatic extractor apparatus. Klason lignin content was performed according
to Tappi T-222 om-02 standard methods.
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Table 3. Chemical composition of raw (Pin-R), washed (Pin-W), and activated (Pin-C) pine materials.

Pin-R Pin-W Pin-C

Klason lignin (%) 30.7 25.4 26.5
Lignin soluble (%) 0.3 0.3 0.3

Total lignin (%) 31.0 25.8 26.7

Extractive soluble water (%) 4.8 4.4 0.9
Acetone soluble extractives (%) 1.7 1.6 0.1
Total mining and quarrying (%) 6.5 6.0 1.0

Total cellulose (%) 41.9 41.9 48.2

Total hemicelluloses (%) 20.0 18.6 21.1

Ashes at 550 ◦C (%) 0. 0.4 0.6

3.2. Synthetic Solutions

The studied metals were copper, zinc, manganese and nickel, the cationic species
found in ST effluents. Sulfate salts of these metals (purity greater than 99.9%), supplied
by the industrial partner, were dissolved at a concentration of 200 mg/L (stock solution)
in demineralized water. Monocontaminated solutions of the desired concentration were
obtained by simple dilution. Similarly, from these solutions, water polycontaminated with
4 metals (Cu, Zn, Mn and Ni) was prepared at a concentration of 25 mg/L for each metal.
This total concentration of 100 mg/L was selected as it is representative of the total metal
load found in the industrial partner’s water. The calcium and sodium salts were in chloride
form and were also supplied by the industrial partner (purity greater than 99.9%). The
exact concentration of each initial solution was measured by inductively coupled plasma
atomic emission spectrometry (ICP-AES), as was the pH before and after adsorption.

3.3. Experimental Protocol

The analytical technique used to determine the purification performance of wood
samples is the so-called batch technique [46], which involves bringing a given mass of
material into contact with a volume of solution to be treated under pre-defined experimental
conditions. The mixture is then stirred for a certain period of time and filtered. The
supernatant is then analyzed. The batch method is widely used in the literature and in the
industry, as it is simple to implement, it is fast, and it requires standard equipment. It is also
reproducible, making it easy to model results. The procedure used in this study is as follows:
1 g of sample is added to 100 mL of solution to be treated, of known initial concentration
and pH; the solution is then stirred at 250 rpm and room temperature for 120 min; at the
end of the experiment, the solution is filtered through a 0.45 µm filter; the supernatant is
recovered and analyzed by ICP; the pH of the final solution is also systematically measured.
This batch protocol is similar to that used by the industrial partner in the surface treatment
sector. Several parameters were studied in order to measure their impact on the purification
performance of the materials: the initial copper concentration (from 10 to 200 mg/L), the
adsorbent dose (from 0.5 to 1.5 g), the contact time (from 5 to 240 min), the pH (from 2
to 5) and the ionic strength; this was achieved by adding two salts (NaCl and CaCl2) at
concentrations of 0.1, 0.5 and 1 M. All adsorption experiments were repeated (n = 3–5)
under identical conditions.

3.4. Chemical Analysis

The cation determination was carried out by ICP-AES spectrometry by the PEA2t
platform of Chrono-environment (Besançon, France). Based on these analyses, the percent-
age abatement of the cation concerned was calculated according to Equation (1), where Ci
and Cf represent the initial and final concentrations, respectively, expressed in mg/L. The
results were also expressed using the amount of metal adsorbed per gram of adsorbent

36



Molecules 2023, 28, 6436

material (qt in mg/g), given by Equation (2), where V represents the volume of solution (L)
and m is the mass of material (g).

R =
Ci − Cf

Ci
∗ 100, (1)

qt =
V(Ci − Cf)

m
. (2)

3.5. Modeling

The experimental results for kinetics and adsorption, in a ternary adsorbent/adsorbent/water
system, can be modeled by simple, empirical, two-, three- or n-dimensional equations [46–53]. For
kinetic results, the models of Lagergren (Equation (3)) [54], Ho and McKay (Equation (4)) [55],
Weber and Morris (Equation (5)) [56], and Elovich (Equation (6)) [57] were chosen, and
for adsorption data, the adsorption isotherms of Langmuir (Equation (7)) [58], Freundlich
(Equation (8)) [59], and Temkin (Equation (9)) [60] were selected. The graphical represen-
tation of the various linear equations was used to calculate the maximum quantities of
adsorbed copper and the model constants and parameters. The validity of a model was
expressed by the value of the regression coefficient of the line and by the accuracy of the
calculated parameters with those obtained by experiment [46–53].

ln (qe − qt) = ln qe − k1t, (3)

t
qt

=
1

k2qe2 +
1
qe

t, (4)

qt = kpt1/2 + C, (5)

qt =
ln(αβ)

β
+

1
β

lnt, (6)

Ce

qe
=

1
K qm

+
Ce

qm
, (7)

ln (qe) = ln (KF)+
1

nF
, (8)

qe= B ln (KT) + B ln (Ce). (9)

3.6. Microscopic and Spectroscopic Characterization of Materials

Scanning electron microscopy (SEM) analyses were carried out after metallization
of the samples by carbon deposition. A field-effect scanning electron microscope (JEOL-
JSM_IT500HR, Tokyo, Japan) was used simultaneously for qualitative energy-dispersive
X-ray microanalysis (EDS, Brucker, Karlsruhe, Germany). SEM-EDS analysis enables high-
resolution image acquisition and chemical analysis of the samples. Images were acquired
using secondary electrons at an accelerating voltage of 10 kV and a working distance of
5 mm.

4. Conclusions

The results of this study highlighted the value of using a material derived from chemi-
cally activated maritime pine fibers to capture copper present in both monocontaminated
and polycontaminated metal solutions, whichever concentrations considered. This co-
product of the wood industry is interesting not only for its adsorption properties, but also
because it is a renewable, abundant and cheap resource. In addition, the proposed chemical
modification is relatively simple to implement, free of solvent or other harmful chemicals.
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Abatements measured for sodium carbonate-activated pine are always higher than those
measured for washed pine, proving the efficiency of the activation. These eliminations are
high, the reduction being up to 100%. The adsorption process can be considered rapid,
as most of the copper was adsorbed within the first 10 min of exposure. Investigating
modeling possibilities showed some limitations. Indeed, Weber and Morris and Elovich
models showed poor possibilities to describe all the kinetic data for copper adsorption
on fibres. This may prove that mechanism is far more complex than simple physisorp-
tion, chemisorption and/or diffusion. Lower pH levels were beneficial for performances,
whereas a drop in the purification performance of materials with the increase in salt con-
centration was measured. The proposed material could thus find a new outlet for selective
metal recovery. The next step will be to extrapolate these results to other effluents (rinses
and baths) and discharges in order to evaluate the impact of the chemical variability of
these waters (due to industrial processes) on the purification performance of activated pine
fibers. As a consequence, semi-industrial tests on larger volumes are planned. Further
spectroscopic characterization of materials, in particular by Raman and XPS measurements
as suggested by one of the three reviewers, before and after adsorption, will validate the
hypotheses about adsorption mechanisms. Finally, we are currently studying the recovery
of metal-laden materials by combustion and their recovery in jewelry (confidential results).
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Abstract: A novel pyridine-modified chitosan (PYCS) adsorbent was prepared in a multistep proce-
dure including the successive grafting of 2-(chloromethyl) pyridine hydrochloride and crosslinking
with glutaraldehyde. Then, the as-prepared materials were used as adsorbents for the removal of
metal ions from acidic wastewater. Batch adsorption experiments were carried out to study the impact
of various factors such as solution pH value, contact time, temperature, and Fe (III) concentration. The
results showed that the absorbent exhibited a high capacity of Fe (III) and the maximum adsorption
capacity was up to 66.20 mg/g under optimal experimental conditions (the adsorption time = 12 h,
pH = 2.5, and T = 303 K). Adsorption kinetics and isotherm data were accurately described by the
pseudo-second-order kinetic model and Sips model, respectively. Thermodynamic studies confirmed
that the adsorption was a spontaneous endothermic process. Moreover, the adsorption mechanism
was investigated using Fourier transform infrared spectroscopy (FTIR) and X-ray photoelectron
spectroscopy (XPS). The results revealed the pyridine group forms a stable chelate with iron (III)
ions. Therefore, this acid-resistant adsorbent exhibited excellent adsorption performance for heavy
metal ions from acidic wastewater compared to the conventional adsorbents, helping realize direct
decontamination and secondary utilization.

Keywords: acidic wastewater; heavy metal ions; pyridine-modified chitosan adsorbent; adsorption
mechanism

1. Introduction

A large amount of strongly acidic wastewater is produced during the flue gas desulfu-
rization process in the coking industry. This type of wastewater has a high concentration of
sulfuric acid (1–3wt%) and contains high concentrations of iron ions and traces of arsenic,
lead, and mercury ions [1,2]. It is reported that about 5.0–7.4 million tons of strongly
acidic wastewater are generated from the coking industry per year in China [3]. The most
common practice is to add an alkali for neutralization and formation of hydroxide pre-
cipitants, which can be separated by coagulation/flocculation, precipitation, adsorption,
and filtration methods [4]. However, this process needs further improvements due to
generating large amounts of solid hazardous waste, which poses serious environmental
risks. More recently, the recycling of acidic wastewater as dilute sulfuric acid for chemical
production of, for example, (NH4)2SO4 is considered a reliable method [5,6]. Because the
high concentration of heavy metals will affect the quality of downstream products, heavy
metal ions in acidic wastewater should be effectively removed.

In recent years, various technologies have been employed to remove heavy metal
ions from acidic wastewater, such as membrane filtration, adsorption, solvent extraction,

Molecules 2023, 28, 3445. https://doi.org/10.3390/molecules28083445 https://www.mdpi.com/journal/molecules41



Molecules 2023, 28, 3445

and ion exchange [7–10]. Compared with other techniques, adsorption is considered an
effective and promising method in terms of low cost, easy operation, and high efficiency [11].
Recently, the development and utilization of inexpensive and eco-friendly biopolymers
have attracted great attention. Chitosan is a linear polysaccharide extracted from chitin,
which is the second most abundant natural polymer; it can be found in the crustacean shells
of shrimps, crabs, and lobsters [12,13]. The hydroxyl and amino functional groups on the
backbone of chitosan can serve as coordination sites to form complexes with various heavy
metal ions [14]. Nonetheless, water solubility under acidic conditions and low adsorption
capacity restricts chitosan as an efficient adsorbent [15]. Therefore, the modification of
chitosan is of great significance to enhance its adsorption performance.

According to the reports, chitosan is modified by various functional groups for
heavy metals removal, such as ethylenediamine, polyaniline, α-ketoglutaric acid, ionic
liquid [16–19], etc. However, the removal efficiency of most chitosan-based adsorbents
decreases significantly at lower pH, which limits their application in strong acidic wastew-
ater. Pyridine is an excellent basic ligand with nitrogen donor atoms. Due to the electron
absorption effect of aromatic group, the nitrogen atom of pyridine group exhibits a low
pKa, which makes it difficult to protonate. Therefore, pyridine groups can combine with
heavy metal ions and form complexes at very low pH value [20,21]. The introduction of
pyridine groups into chitosan structure will enhance its adsorption performance in strongly
acidic solutions.

In this work, a pyridine-modified and glutaraldehyde-crosslinked chitosan (PYCS)
was prepared and employed for the removal of Fe (III) from strongly acidic wastewater.
The obtained adsorbent PYCS was characterized using Fourier transform infrared spec-
troscopy (FTIR), scanning electron microscopy (SEM), thermogravimetric analysis (TGA),
and an X-ray diffractometer (XRD). The effects of parameters such as pH value, contact
time, initial Fe (III) concentration, and temperature on adsorption behaviors were investi-
gated. Isotherm, kinetic, thermodynamics, and inter-particle diffusion models were used to
evaluate the adsorption process. Furthermore, the reusability of PYCS was studied in an
adsorption–desorption experiment. Finally, the adsorption mechanism of Fe (III) on PYCS
was clarified using FTIR and XPS.

2. Results and Discussion
2.1. Characterization

Figure 1 shows the SEM images of chitosan (CS) and pyridine-modified chitosan
(PYCS). The pristine CS exhibited a smooth surface and layered structure (Figure 1a) while
the CS modified with pyridine displayed some irregular aggregates with a loose honeycomb
structure (Figure 1b). The flake-like particles were formed by glutaraldehyde crosslinking
chitosan. The surface with plenty of irregular pores increased the surface area, indicating
abundant binding sites for metal ion adsorption.
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In order to detect the chemical bonds of modified chitosan, FTIR spectroscopy of CS
and PYCS materials were detected at 4000 cm−1~400 cm−1, and the results are shown in
Figure 2a. The strong and broad peaks at 3420 cm−1 and 3442 cm−1 represent the absorption
peaks of −OH and −NH2, which overlap to produce multiple broadened absorption
peaks [22]. The CS had a strong absorption peak at 1600 cm−1, which was caused by the
N−H in-plane bending vibration of the primary amine, and the vibration peak disappeared
after modification [23]. After modification with pyridine, a new absorption peak near
1660 cm−1 was the characteristic C=N peak on the pyridine ring and C=C. In addition, the
new absorption peak of skeletal vibration of pyridine occurred at 1590 cm−1 and 1450 cm−1,
and the adsorption feature near 765 cm−1 was caused by the =C−H bending vibration of
pyridine ring. The above analysis showed that pyridine group was successfully grafted
onto CS. The characteristic absorption peak of β-D pyranoside near 900 cm−1 still existed,
indicating that the grafting reaction did not destroy the pyran ring of chitosan.
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Figure 2b presents the XRD spectra of CS and PYCS. The CS showed a broad peak at
20.0◦, indicating the presence of amorphous regions and regular crystalline regions [24].
When pyridine was grafted into chitosan via the substitution reaction, the intensity of the
diffraction peak at 20.0◦ decreased, indicating the decrease in crystallinity. The crystallinity
of PYCS decreased due to the destruction of the sequence of chitosan molecular chains by
the crosslinking reaction. According to Thien et al. [25], the typical functional groups of
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modified CS would become more active and flexible in the amorphous state, which would
enable PYCS to effectively form a complex with many metal ions.

The TGA–DTG curves of CS and PYCS are shown in Figure 2c,d. It can be seen from
the figure that the TG curves of CS and PYCS are similar, indicating that they have similar
skeleton structures. The thermal profile of CS was divided into two stages: the first peak
of CS at 59 ◦C, where the weight loss rate was approximately 7.50%, which was due to
water loss [26]. The second stage was the rapid weight loss degradation stage, which
occurred at 215−550 ◦C, and the peak weight loss of CS in the second stage was at 297 ◦C.
The weight loss rate was 52.04%, which was caused by the breakage of glycosidic bonds
and the degradation of the structure of chitosan itself [27]. However, the thermal weight
loss of PYCS occurred at three unique peaks, specifically, 51 ◦C, 233 ◦C, and 282 ◦C with
varied percentage weight reductions of 11.96%, 27.47%, and 28.38%, respectively. The first
stage of mass loss was due to the release of typically strong hydrogen-bonded water [28].
The thermal degradation at 130−260 ◦C observed in the PYCS may have been due to the
elimination of the crosslinker by the breakage of the ionic interaction between the CS and the
glutaraldehyde. Regarding the thermal degradation observed in cases at 260−550 ◦C, this
stage was the result of glycosidic bond cleavage, main chain degradation, and concomitant
graft decomposition [29]. These results indicated that the thermal stability of PYCS was
lower than that of CS, which may be caused by the destruction of intramolecular and
intermolecular hydrogen bonds of chitosan by the newly introduced side chains [30].

2.2. Effect of pH on Adsorption

The pH value of solution is one of the most important factors for adsorption of PYCS,
because it influences the ionization state of functional groups [31,32]. The pH should be
set below 3 because of the metal precipitation at higher pH levels is not in line with the
real wastewater quality. The Fe (III) adsorption experiments were performed at different
pH values (from 0.5 to 3). It can be seen from Figure 3a that with the increase in pH value,
the removal efficiency of Fe (III) increased significantly. The overall trend was increasing,
but it was not obvious when the acid was strong. The reason was that the N atom on
the pyridine ring was protonated and positively charged in extremely acidic solution [33],
which weakened its chelating ability with Fe (III). The lower the pH, the more evident the
protonation, thus leading the removal efficiency to rise slowly [34]. When the pH was 3, the
removal efficiency was significantly improved, mainly due to part of Fe (III) precipitation.
Additionally, the pHPZC value of PYCS adsorbent was examined to be 4.3 using the pH
drift method (Figure 3b). When the solution pH value was less than pHPZC, the surface of
the PYCS adsorbent was positively charged, which was not conducive to Fe (III) adsorption.
Based on the precipitation of Fe (III) at a pH greater than 2.7, the solution pH was chosen
to be 2.5 in the subsequent experiments.

2.3. Adsorption Kinetics

As plotted in Figure 4a, the uptake capacity of Fe (III) increased as the contact time
continued, and gradually reached adsorption equilibrium. PYCS had many free active
sites, and the driving force for adsorption was very strong initially. The equilibrium
concentration of Fe (III) decreased with time as the number of free active sites adsorbed
declined, then the adsorption rate gradually decreased, and finally tended to saturate. The
data first demonstrated that the time varied greatly for the adsorption of different Fe (III)
concentrations to reach equilibrium, with values of 400 and 720 min for 100 and 200 mg/L,
respectively. In order to reach the adsorption equilibrium sufficiently, the contact time of
12 h was selected in the following isotherm experiments.

To investigate the rate-limiting step in the adsorption mechanisms, the kinetic experi-
mental data were fitted with Lagergren’s pseudo-first-order, Ho’s pseudo-second-order,
and intra-particle diffusion kinetic models [35–37]. The nonlinear form equations for the
three models were expressed as follows in Equations (1)–(3).
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The pseudo-first-order kinetic model is expressed by

qt = qe[1 − e−k1t] (1)

The pseudo-second-order kinetic model is expressed by

qt =
q2

e k2t
1 + k2qet

(2)

The intra-particle diffusion kinetic model is expressed by

qt = kit1/2 + C (3)
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where qt and qe were the adsorption capacities (mg/g) of adsorbents at contact time t (min)
and equilibrium, respectively. Whereas, k1 (min−1) and k2 (g/mg·min) were the rate
constants of the pseudo-first-order and pseudo-second-order kinetic models, respectively.
ki (mg/g·min1/2) was the rate constant for the intra-particle diffusion model, and C was
the thickness of boundary layer [38,39].

In this work, the root mean square error (RMSE) was used to measure the value
deviation between the experimental data and the predicted values. In principle, the lower
the RMSE value, the more suitable the model fits. RMSE could be calculated using the
following equation:

RMSE =

√
1
n

n

∑
i=1

(qcali − qexp i) (4)

where qcali and qexpi were the predicted and measured values of the adsorption capacity at
time t, respectively, and n was the number of experimental data.

The experimental data for the adsorption kinetics were fitted using the non-linear form
of the pseudo-first-order and pseudo-second-order models, as shown in Figure 4a, and
the values of kinetic parameters and their RMSE values are summarized in Table 1. Much
better fitting results were obtained when the pseudo-second-order model was adopted for
the adsorption kinetics of the different Fe (III) concentrations by PYCS. In addition, the
theoretical adsorption capacity predicted by the pseudo-second-order model was much
closer to the experimental value. These results showed that the pseudo-second-order model
was more suitable for describing the adsorption process than the pseudo-first-order model,
which indicated that the rate-determining step of PYCS may be a chemisorption process.

Table 1. Kinetic parameters and RMSE values for adsorption of Fe (III) on PYCS.

Kinetic Models Parameters
Concentration (mg/L)

100 200

Pseudo-first-order

qe,exp (mg/g) 44.88 59.29
qe,cal (mg/g) 43.43 57.87
k1 (min−1) 0.047 0.037

RMSE 1.36 1.47

Pseudo-second-order
qe,cal (mg/g) 44.96 60.38

k2 (g/mg·min) 0.0022 0.0012
RMSE 0.38 0.72

Intra-particle diffusion

ki,1 (mg/g·min1/2) 4.90 6.75
ki,2 (mg/g·min1/2) 0.71 0.86
ki,3 (mg/g·min1/2) 0.04 0.03

Ci,1 (mg/g) 1.10 0.86
Ci,2 (mg/g) 32.89 44.30
Ci,3 (mg/g) 43.19 58.03

The intra-particle diffusion model is further applied to determine the rate-controlling
step of the adsorption processes. According to Figure 4b, it can be observed that the three
adsorption curves were divided into three linear parts and did not pass through the origin.
The modeling results indicated that the adsorption process was mainly controlled by intra-
particle diffusion, as well as other mechanisms including surface chemisorption process.
The first stage of the straight line represented the boundary layer diffusion process of Fe (III)
adsorption by PYCS. The next stage represented the diffusion of Fe (III) into PYCS channels
and the process of gradual adsorption (intra-particle diffusion). The slope of the third stage
was almost zero, indicating the equilibrium stage of adsorption and desorption [40–42].
Simultaneously, the diffusion rate constants followed the order of ki,1 > ki,2 > ki,3 which may
be affected by the change in the number of PYCS diffusion sites. The rate constant in the
first stage was much higher than that in other stages, which meant that the film diffusion
was the main rate-limiting step in the whole process, but the adsorption rate was also
affected and controlled by the external diffusion step and the adsorbent surface diffusion.
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2.4. Adsorption Isotherm

Adsorption isotherm is usually used to study the interaction between the adsorbent
and pollutant in equilibrium, and can also estimate the maximum adsorption capacity of
the adsorbent for further comparison with adsorbents reported in other studies. As can be
seen from Figure 5, with the increase in the initial Fe (III) concentration, the adsorption of
Fe (III) by PYCS gradually increased and reached surface saturation at high concentration.
This was because at a lower initial Fe (III) concentration, PYCS adsorption active sites
were enough to hold the adsorbate, and the interaction sites were not saturated. As the
concentration of Fe (III) increased, almost all active sites on the surface of the adsorbent
were occupied, leaving the Fe (III) uptake unchanged, then the adsorption capacity for Fe
(III) would reach the maximum. In this study, the maximum adsorption capacity of PYCS
was 66.20 mg/g.
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Figure 5. Adsorption isotherms of Fe (III) on PYCS.

To investigate the adsorption behavior and mechanism of PYCS, the three common
adsorption isotherm models were employed to fit the experimental data, and their nonlinear
equations were given as follows.

The Langmuir isotherm model assumes that monolayer adsorption occurs on the
adsorbent surface with equivalent adsorption sites, and there is no interaction between the
adsorbed pollutants [43,44].

qe =
qmKLCe

1 + KLCe
(5)
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The Freundlich equation is one of the earliest empirical equations used to describe
equilibrium data and adsorption characteristics for a heterogeneous surface [45].

qe = KFC1/nF
e (6)

The Sips model is a hybrid of the Langmuir and the Freundlich isotherms [46].

qe =
qm(KSCe)

nS

1 + (KSCe)
nS

(7)

where qe is the amount of Fe (III) adsorbed at equilibrium (mg/g), and qm is the maximum
adsorption capacity of Fe (III) on PYCS (mg/g); Ce represents the equilibrium concentration
of Fe (III) (mg/L); KL is the Langmuir isothermal constant which is related to the affinity
of binding sites (L/mg). KF is the Freundlich isothermal constant (mg(1−n)·Ln/g), and nF
is the heterogeneity factors. KS is the Langmuir equilibrium constant (L/mg), and nS is
comparable to the Freundlich heterogeneity factor (nS = 1/nF).

The adsorption isotherm parameters simulated from the three isotherm models are
summarized in Table 2. Based on the value of the RMSE, the adsorption isotherms of Fe
(III) were fitted better by the Sips model. In addition, the heterogeneity factor nS values
shown in Table 2 were more than unit, and the experimental (qm, exp) value was in good
agreement with calculated (qm, cal) value, indicating that the adsorption of Fe (III) ions onto
the prepared adsorbent was a heterogeneous process [40–42]. Table 3 lists the maximum
adsorption capacities (qm) of Fe (III) on PYCS with various adsorbents. It can be seen that
the maximum adsorption capacity of PYCS was higher than the other adsorbents listed in
Table 4. Nevertheless, the maximum adsorption capacity of PYCS was measured at pH 2.5,
while the maximum adsorption capacities of other adsorbents were measured at pH greater
than 3. This showed that PYCS displayed high adsorption capacity, which is beneficial to
remove Fe (III) from strong acid solution.

Table 2. Isothermal model constants, RMSE values and adsorption capacities of PYCS.

Isothermal Models Parameters

Langmuir

qm,exp (mg/g) 66.20
qm,cal (mg/g) 73.83

KL (L/mg) 0.024
RMSE 1.76

Freundlich
nF 3.70

KF (mg(1−n) Ln/g) 13.93
RMSE 4.33

Sips

qe,cal (mg/g) 68.93
nS 1.27

KS (L/mg) 0.027
RMSE 1.41

Table 3. Comparison of maximum adsorption capacities of Fe (III) on PYCS with other adsorbents.

Adsorbent
Conditions Adsorption

Capacity (mg/g) Reference
pH T (K)

Chitosan/attapulgite 3 308 47.17 [47]
Chitosan/MMT 5.5 298 7.03 [48]
Chitosan films 4.5 298 299.04 [49]
Chitosan/PVA 3 298 136 [50]

Carboxymethylated chitosan 4.7 298 18.5 [51]
Chitosan-EGDE 3 298 46.30 [52]

Amine-modified chitosan resins 2.5 298 109.61 [53]
PYCS 2.5 303 66.20 This work
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Table 4. Thermodynamic parameters for Fe (III) adsorption on PYCS.

Sample ∆S (J/mol·K) ∆H (kJ/mol)
∆G (kJ/mol)

303 K 313 K 323 K 333 K

PYCS 36.49 8.14 −2.91 −3.27 −3.64 −4.00

2.5. Adsorption Thermodynamics

The temperature is an essential factor affecting the adsorption effect. Gibbs free
energy (∆G), enthalpy (∆H), and entropy (∆S) are important parameters reflecting the
thermodynamic reaction. The thermodynamic relations are depicted in the following
equations [54,55].

Kd = qe/Ce (8)

∆G = ∆H − T∆S (9)

ln Kd = ∆S/R − ∆H/RT (10)

where R (8.314 J/(mol·K)) is the ideal gas constant; Kd is the adsorption equilibrium con-
stant; T (K) is the experimental temperature; ∆S (J/(mol·K)), ∆H (kJ/mol), and ∆G (kJ/mol)
refer to entropy change, enthalpy change, and Gibbs free energy change, respectively.

The calculation results of thermodynamic equilibrium coefficient and thermodynamic
parameters of PYCS adsorption process are shown in Table 4. The ∆H values were positive,
which indicated that the adsorption process was endothermic. Meanwhile, the ∆G values
were negative, thus indicating that the adsorption process was spontaneous. ∆S values
were positive which reveals that the reaction system was chaotic and that Fe (III) had good
contact with PYCS. Therefore, the reaction between PYCS and Fe (III) was a spontaneous
endothermic process, and increasing the temperature can make this reaction proceed
more efficiently.

2.6. Regeneration and Reusability

As the reusability of the adsorbent was very important for its industrial application, the
adsorption–desorption cycles were conducted six times to further evaluate the reusability of
the as-prepared PYCS. As observed from Figure 6, the adsorption ability slightly decreased
as the number of cycles increased. After six cycles, the adsorption capacity of PYCS was
maintained at 71% of that of the first cycle. The decrease of adsorption capacity may be the
loss or degradation of adsorbent [39]. In addition, the incomplete removal of Fe (III) ions in
the adsorbent by the eluent may be another reason for the reduction of adsorption capacity.
Overall, PYCS showed a good reusability and had great potential as an efficient adsorbent
for the removal of Fe (III) ions from polluted water.

2.7. Application in Real Acidic Wastewater

The prepared materials were used for the adsorption of heavy metals in real acidic
wastewater to evaluate the practical applicability. The results are in Figure 7. It can be
found that the removal rates of Fe (III), Pb (II), and As (III) were 98.9%, 34.5%, and 28.6%,
respectively. The results proved PYCS as a potential material for heavy metal removal in
water treatment with high efficiency.
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2.8. Adsorption Mechanism

The adsorption mechanism of PYCS was investigated by examining the XPS and
FT-IR data. The FT-IR spectra of the PYCS before and after loading with Fe (III) are
shown in Figure 8. For PYCS, the adsorption band near 1450 cm−1 corresponded to the
stretching vibrations of C−N, and the adsorption feature near 1590 cm−1 was caused by
skeletal vibration of pyridine. After adsorption, the strength of the C=N (1660 cm−1) bonds
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reduced and moved at a minor wave length, confirming that pyridines were the functional
groups of PYCS, forming coordinate bonds with Fe (III) [56]. The stretching vibration
of pyridine at 1590 cm−1 and that of C−N at 1450 cm−1 were significantly weakened
and almost disappeared after adsorption, indicating that pyridine was involved in the
chelating interaction with Fe (III). The appearance of new peaks at 1110 cm−1 and 618 cm−1

corresponded to the stretching vibration of SO2−
4 ions after adsorption [20].
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To further distinguish the species of functional groups and confirm the coordination
interaction between nitrogen atoms and Fe (III), XPS characterization of PYCS before and
after Fe trapping were performed. The XPS wide scans and N1s spectra of PYCS are
exhibited in Figure 9. For the raw PYCS, the N1s core-level XPS spectra were deconvoluted
into 4 peaks at 397.66, 400.40, 398.48, and 404.99 eV, which corresponded to the nitrogen
atoms in the neutral amine (−NH or C−N), protonated amine (−NH+), pyridine (C=N),
and nitrate ions (NO−

3 ), respectively [57–60]. Meanwhile, the existence of nitrate ions was
due to the synthetic PYCS cleaned by HNO3, which was consistent with the results of
FT-IR. After the adsorption of Fe (III) on PYCS at pH 2.5, the minor shift for −NH or C−N,
and the obvious shift for C=N for PYCS before and after the adsorption of Fe (III) may be
interpreted such that the pyridine nitrogen (C=N) atoms in the organic functional groups
on the surface of PYCS had coordinative chelation with Fe (III) during the adsorption
process [61]. In addition, the peak value of nitrate ions decreased significantly at 404.99 eV,
which can prove that nitrate ions were replaced by sulfate ions.
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The possible mechanism is shown in Figure 10. The adsorbent PYCS was capable of
capturing Fe (III) through nitrogen atoms of pyridine that participated in the chelating
effect at pH 2.5. According to literature reports, the polyamine adsorbent lost its adsorption
ability below pH 3 [62], but pyridine-modified adsorbent could adsorb Fe (III). Owing
to the weak alkalinity of the aliphatic amines and pyridine ring, competitive adsorption
would occur between Fe (III) ions and H+ under low pH. Hence, the active adsorption sites
of the nitrogen atoms would be partially protonated, resulting in lower adsorption capacity.
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3. Materials and Methods
3.1. Chemical and Materials

Chitosan (>95% deacetylated, 100–200 mPa s, M.wt%. 6.9 × 105) was supplied from the
Aladdin Industrial Corporation (Shanghai, China). Acetic acid (CH3COOH, AR), sodium
hydroxide (NaOH, AR), and 2-Chloromethylpyridine hydrochloride (C6H6ClN·HCl, AR)
were all purchased from Macklin Biochemical Co., Ltd. (Shanghai, China). Ethanol
(CH3CH2OH, AR), glutaraldehyde, sodium carbonate (Na2CO3, AR), nitric acid (HNO3,
AR), ferric sulfate (Fe2(SO4)3, AR), sulfuric acid (H2SO4, AR), and hydrochloric acid (HCl,
AR) were supplied by Sinopharm Chemical Reagent Co., Ltd. (Shanghai, China), all
reagents of which were analytical grade and used directly without further purification. All
water mentioned in this study was deionized water (18.2 MΩ cm). The metal concentrations
in as-pretreated real acidic wastewater from an iron and steel industry in Central China,
were determined, as listed in Table 5.

Table 5. Metal concentration (mg/L) in strongly acidic wastewater from coking plant.

Fe (III) As (III) Pb (II) SO42− pH

484 ± 10 0.7 ± 0.1 0.6 ± 0.1 1260 0.5

3.2. Preparation of Pyridine-Modified Chitosan

The preparation procedures of pyridine-modified chitosan (PYCS) adsorbent were
as follows: Firstly, 1 g of chitosan was dissolved in 50 mL of acetic acid (2% v/v). Then,
250 mL of NaOH (0.5 mol/L) was slowly added dropwise to form chitosan beads. The
mixture was stirred for 3 h. After separation, the particles were washed to neutrality with
deionized water and ethanol.

Then, the as-obtained chitosan beads, 3.06 g 2-(chloromethyl) pyridine hydrochloride
(dissolved in 50 mL ethanol), and 0.83 g sodium carbonate were introduced into a 250 mL
round-bottom flask. The reaction was carried out through reflux condensing at 363 K for
24 h. After filtration, the product was immersed into a mixture solution containing 2.5wt%
glutaraldehyde for 12 h at 303 K with continuously shaking, then rinsed with ethanol and
deionized water.

After drying in vacuum at 313 K for 12 h, the adsorbent PYCS was obtained. The
synthetic procedure of PYCS is shown in Figure 11.

3.3. Characterization

The chemical constituents of samples were recorded using the Fourier transform in-
frared spectrometer (FTIR, Nicolet iS10, ThermoFisher Scientific, Waltham, MA, USA) in a
range of 4000 to 400 cm−1. The surface morphology of the samples was characterized using
a scanning electron microscope (SEM, S4800, Hitachi, Tokyo, Japan). Thermal decomposi-
tion characteristic analysis was carried out on a thermogravimetric analyzer (TGA, STA
7300, Hitachi, Tokyo, Japan) at a heating rate 10 ◦C/min from room temperature to 900 ◦C
in a N2 flow. The X-ray photoelectron spectroscopy (XPS, K-Alpha, Thermo Scientific,
Waltham, MA, USA) was used to investigated the surface element component of the sam-
ples. The crystallinity of the samples was characterized on the X-ray diffractometer (XRD,
XRD-7000, Shimadzu, Kyoto, Japan) over the 2 thetas range of 5◦–90◦. The concentration of
each heavy metal ion was determined using inductively coupled plasma mass spectrometry
(ICP, iCAP Q, Thermo Fisher Scientific, Waltham, MA, USA). The pH of the zero charge
(pHpzc) of the prepared PYCS was determined using the batch equilibrium method [63].

3.4. Adsorption Experiments

Batch adsorption tests were undertaken using a centrifuge tube at 303 K. In general,
0.02 g of PYCS and 20 mL aqueous solution containing Fe (III) were added to the centrifuge
tube and agitated at 170 rpm on a shaker. To examine the effect of pH on Fe (III) removal,
the adsorption was conducted at the Fe (III) concentration of 100 mg/L in the pH range of
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0.5–3.0 for 24 h. The initial pH of Fe (III) aqueous solution was measured by pH meter and
was adjusted by using 0.1 mol/L H2SO4 and NaOH (aq).

Molecules 2023, 28, x FOR PEER REVIEW 15 of 19 
 

 

 
Figure 11. Synthetic procedure of PYCS. 

3.3. Characterization 
The chemical constituents of samples were recorded using the Fourier transform in-

frared spectrometer (FTIR, Nicolet iS10, ThermoFisher Scientific, Waltham, MA, USA) in 
a range of 4000 to 400 cm−1. The surface morphology of the samples was characterized 
using a scanning electron microscope (SEM, S4800, Hitachi, Tokyo, Japan). Thermal de-
composition characteristic analysis was carried out on a thermogravimetric analyzer 
(TGA, STA 7300, Hitachi, Tokyo, Japan) at a heating rate 10 °C/min from room tempera-
ture to 900 °C in a N2 flow. The X-ray photoelectron spectroscopy (XPS, K-Alpha, Thermo 
Scientific, Waltham, MA, USA) was used to investigated the surface element component 
of the samples. The crystallinity of the samples was characterized on the X-ray diffractom-
eter (XRD, XRD-7000, Shimadzu, Kyoto, Japan) over the 2 thetas range of 5°–90°. The con-
centration of each heavy metal ion was determined using inductively coupled plasma 
mass spectrometry (ICP, iCAP Q, Thermo Fisher Scientific, Waltham, MA, USA). The pH 
of the zero charge (pHpzc) of the prepared PYCS was determined using the batch equilib-
rium method [63].  

Figure 11. Synthetic procedure of PYCS.

For adsorption kinetic experiments, 0.02 g of PYCS was added into 20 mL of an
aqueous solution containing Fe (III). The initial pH and Fe (III) concentration value of the
solution were 2.5, 100 mg/L, respectively. The adsorption isotherm was investigated at
303 K, and the initial concentration of the Fe (III) varied from 20 to 500 mg/L at pH 2.5.
To evaluate adsorption thermodynamics, 303 K, 313 K, 323 K, and 333 K were selected
for the adsorption. After adsorption, the reaction solution was sampled and immediately
filtered through a 0.45 µm membrane filter. Finally, the residual Fe (III) concentration in
the wastewater was determined using ICP-MS. The adsorption capacity of adsorbent was
calculated using the following Equation.

qe =
(C0 − Ce)V

m
(11)

where qe (mg/g) represents the amount of Fe (III) adsorbed onto the adsorbent at equilib-
rium, C0 and Ce (mg/L) are the initial and equilibrium concentration of Fe (III) ions, respec-
tively, V (L) represents the volume of solution, and m (g) represents dosage of adsorbent.
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3.5. Regeneration Studies

In order to evaluate the regeneration and reuse of PYCS, 0.02 g PYCS was first added
to 20 mL of a solution containing 100 mg/L of Fe (III) ions, wherein the solution pH was
2.5, and then was agitated at 170 rpm for 24 h at 303 K. After the adsorption process,
the absorbent saturated with Fe (III) was filtered and washed with water to remove the
un-adsorbed Fe (III), then agitated with 20 mL of elution solution (3 mol/L HCl) for another
24 h. The regenerated PYCS was filtered and washed with water several times and then
was stored for the next experiment. The adsorption regeneration experiment was repeated
6 times.

3.6. Application in Real Acidic Wastewater

In this work, PYCS was used to treat real acidic wastewater from a coking plant in
Wuhan. The detailed metal concentration of the real acidic wastewater is listed in Table 5.
1 g PYCS was added into 20 mL of real acidic wastewater and agitated at 170 rpm for 24 h at
303 K. Afterwards, the solution samples were filtrated with 0.45 µm filters, and the residual
Fe (III) concentration in the solution was analyzed using ICP-MS.

4. Conclusions

A pyridine-modified chitosan (PYCS) was successfully prepared by modifying pyri-
dine onto chitosan, which was then used to remove Fe (III) from acidic wastewater. The
adsorbent has a distinguished adsorption effect for Fe (III), and the removal rates of Fe
(III), Pb (II), and As (III) in real acidic wastewater were 98.9%, 34.5%, and 28.6%, respec-
tively. The maximum adsorption capacity was 66.20 mg/g, which was better than most
reported adsorbents. Comprehensive adsorption kinetics and isotherm results showed
that adsorption was heterogeneous chemisorption process. Fe (III) adsorption on PYCS
was endothermic and spontaneous in nature. In addition, after 6 cycles of adsorption, the
adsorption capacity of the material could still reach 71%, which indicated that it had impor-
tant practical application value. In short, the material may be used as a promising, efficient,
and environmentally friendly adsorbent for the remediation of heavy metal pollution.
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Abstract: The adsorption of the U-232 radionuclide by biochar fibers in the sub-picomolar concen-
tration range has been investigated in laboratory aqueous solutions and seawater samples. The
adsorption efficiency (Kd values and % relative removal) of untreated and oxidized biochar samples
towards U-232 has been investigated as a function of pH, adsorbent mass, ionic strength and tem-
perature by means of batch-type experiments. According to the experimental data, the solution pH
determines to a large degree the adsorption efficiency, and adsorbent mass and surface oxidation
lead to significantly higher Kd values. The ionic strength and temperature effect indicate that the
adsorption is based on the formation of inner-sphere complexes, and is an endothermic and entropy-
driven process (∆H◦ and ∆S◦ > 0), respectively. Regarding the sorption kinetics, the diffusion of
U-232 from the solution to the biochar surface seems to be the rate-determining step. The application
of biochar-based adsorbents to treat radioactively (U-232) contaminated waters reveals that these
materials are very effective adsorbents, even in the sub-picomolar concentration range.

Keywords: U-232; sub-picomolar range; modified biochar fibers; seawater; adsorption; Kd values

1. Introduction

The interaction of uranium with biochar-based adsorbents has been widely studied
using different biomass types as starting materials [1–4], including plant fibers, which in
addition to their abundance and low value present desirable adsorbent properties such
as a tubular structure and large external surface, allowing for fast material exchange
and increased sorption capacities [5–9]. These physical properties remain almost intact
after carbonization and chemical oxidation by nitric acid. The latter, which is a chemical
modification, results in adsorbent materials with enormous mechanical and chemical
resistance, and specificity towards cationic species/metal ions due to the formation of
surface carboxylic groups [6,7,10]. Moreover, the derivatization of surface moieties results
in selectivity towards uranyl cations or other metal ions [11,12].

Uranium is a natural, ubiquitous element, the concentration of which varies depending
on the geological background, and it is almost constant in oceans (~3.3 ppb) [13]. However,
various activities including the nuclear fuel cycle and the use of depleted uranium have
resulted in the production of huge amounts of uranium-containing solid and liquid waste,
and in local environmental contamination by depleted uranium [14]. The uranium sorption
by biochar fibers has been investigated with respect to uranium removal from contaminated
waters using adsorption-based technologies, as well as for the recovery of uranium from
industrial process and waste waters, to secure a long-term supply of uranium as fuel for
nuclear power reactors [15].

The investigations related to uranium sorption by biochar-based materials have
been performed in the micromole to millimole concentration range, which is relevant
for studies that aim to determine the sorption capacity and carry out spectroscopic studies
(e.g., Fourier-transform infrared (FTIR), Raman, X-ray photoelectron (XPS), etc.) for surface

Molecules 2022, 27, 6765. https://doi.org/10.3390/molecules27196765 https://www.mdpi.com/journal/molecules59



Molecules 2022, 27, 6765

species characterization [6,7,10–12]. However, there are almost no studies in the nanomole
to picomole range, which is for radionuclides of particular interest, because these can be
hazardous to living organisms and human beings even at ultratrace levels. On the other
hand, it is of particular interest to compare the sorption behavior in a wide concentration
scale, including the effect of various parameters affecting the sorption efficiency (e.g., pH,
temperature (T), ionic strength (I), adsorbent mass (m), etc.).

The present paper deals with the interaction of two different types of biochar fibers
with uranium (e.g., U-232) in laboratory and seawater solutions at ultratrace levels (pico-
mole range). The adsorption efficiency was expressed by the partition coefficient, Kd, and
investigated as a function of pH, adsorbent mass, ionic strength (I) and temperature.

2. Results and Discussion
2.1. The Effect of Contact Time on the U-232 Adsorption by LCC and LCC_ox

The effect of contact time was studied in order to evaluate the time needed to reach
equilibrium in the system. The corresponding kinetic data are summarized in Figure 1 and
indicate that equilibrium was reached after almost two days. Hence, the following experi-
ments were performed after three days of contact time to assure equilibrium conditions.
Compared to studies using higher uranium concentrations [6,8], in which equilibrium
conditions were reached after a few hours of contact time, equilibrium in the sub-picomolar
concentration range is achieved at significantly higher contact times (>50 h), because at
such low concentrations, the diffusion of the uranium cations from the solution to the
biochar surface is the adsorption rate-limiting step.
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Figure 1. The %-relative amount of U(VI) adsorbed by oxidized biochar fibers (LCC_ox) as a function
of time. [U-232] = 8.6 × 10−14 mol/L, biochar mass = 0.01 g, pH 4 and ambient conditions.

2.2. The Effect of pH on the U-232 Adsorption by LCC and LCC_ox

The solution pH was expected to affect to sorption efficiency (Kd values) because the
proton concentration determines the U(VI) speciation in solution and the surface charge of
the biochar materials. The latter is associated with π-proton interaction [16] and carboxylic
dissociation [2] for the LCC and LCC_ox, respectively. Regarding U(VI), the predominant
species in solution at pH 2 and pH 4, pH 7, and pH 9 were expected to be UO2

2+, UO2CO3,
and UO2(CO3)3

4−, respectively [15]. On the other hand, at pH 2, the biochar surface
carboxylic moieties are extensively protonated (pKa < 4) and partly deprotonated at pH 4.
Only at pH 7 and pH 9 are the carboxylic groups extensively deprotonated and the surface
negatively charged [6].

According to Figure 2, the lowest sorption efficiency (log10Kd (LCC) = 0.7 ± 0.3
and log10Kd (LCC_ox) = 4.1 ± 0.3) is observed at pH 2, which is related to the com-
petitive interaction of protons with the π-system of LCC and the partial deprotonation
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of the carboxylic moieties on the LCC_ox surface, respectively. The highest Kd val-
ues are observed at pH 4 (log10Kd(LCC) = 3.8 ± 0.3 and log10K (LCC_ox) = 5.2 ± 0.3)
because of the partial deprotonation of the surface moieties, which attract the uranyl
cation (UO2

2+) to form the π–uranyl cation and U(VI)-carboxylate surface species. Fur-
thermore, at pH 7 (log10Kd(LCC) = 3.0 ± 0.3 and log10K (LCC_ox) = 4.9 ± 0.3) and pH 9
(log10Kd(LCC) = 2.5 ± 0.3 and log10K (LCC_ox) = 4.7 ± 0.3) the adsorption efficiency
declines gradually due to the stabilization of U(VI) in solution in the form of the stable
U(VI)-carbonato species (UO2CO3 and UO2(CO3)3

4−), and the repulsive forces between
the negatively charged U(VI) species and the biochar surface, particularly in the case
of LCC_ox.
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Figure 2. The Kd values for the U(VI) adsorption by two different types of biochar fibers as a function
of pH. [U-232] = 8.6 × 10−14 mol/L, biochar mass = 0.01 g and ambient conditions.

By a comparison of the pH effect observed in this study with previous studies per-
formed at significantly higher concentration (six to nine orders of magnitude) [6–9], it
is obvious that the effect of pH is similar, assuming that the sorption chemistry is gov-
erned in both cases by the surface characteristics of the adsorbent and the U(VI) speciation
in solution.

2.3. The Effect of Adsorbent Mass on the U-232 Adsorption by LCC and LCC_ox

In order to evaluate the effect of the adsorbent mass on the sorption efficiency, adsorp-
tion experiments were performed using similar solutions ([U-232] = 8.6 × 10−14 mol/L,
pH 2) and varying adsorbent masses. These experiments were performed at a pH of 2 in
order to obtain, in all cases, a relative removal below 100% for a better comparison.

The activity concentration of the remaining U-232 in solution was determined by
alpha-spectroscopy and the corresponding spectra are summarized in Figure 3, indicating
the effect of the biochar mass on the sorption efficiency, particularly in the case of LCC_ox.

The alpha-spectroscopic data were evaluated to calculate the relative U(VI) removal
and the corresponding data are graphically presented in Figure 4. It is obvious that the
sorption efficiency increased exponentially with the adsorption mass and the highest
relative removal values are observed for LCC_ox. This is in agreement with previous
studies performed at elevated concentrations, indicating the affinity of biochar materials for
U(VI) and the importance of surface modification (e.g., surface oxidation) to improving the
affinity and adsorption capacity of the biochar materials towards metal/metalloid species
(e.g., uranium) in aqueous solutions [6–9].
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Figure 3. The alpha spectra of the U-232-traced aqueous solutions after treatment with
different masses of unmodified (m(LCC) in g) and oxidized biochar (m(LCC_ox) in g).
[U-232] = 8.6 × 10−14 mol/L, pH 4 and ambient conditions. It has to be noted that Bi-212, Ra-224,
Th-228 and Po-216 are daughter nuclides of U-232 and are therefore present in the alpha spectra.
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Figure 4. The %-relative removal efficiency of U-232-traced aqueous solutions after treatment with
different masses of unmodified (LCC) and oxidized biochar (LCC_ox). [U-232] = 8.6 × 10−14 mol/L,
pH 4 and ambient conditions.

2.4. The Effect of Ionic Strength on the U-232 Adsorption by LCC and LCC_ox

At increased metal ion concentrations, spectroscopic methods (such as FTIR, Ra-
man and XPS) may be used to evaluate the adsorption mechanism at the molecular
level [5–9,12,16–18]. However, this was impossible at the ultratrace levels used in the
present study and therefore the effect of the ionic strength on the adsorption efficiency
was employed to indicate the type of surface complexes formed (e.g., inner- or outer-
sphere complexes). Generally, the decline of the adsorption efficiency with increasing ionic
strength indicates non-specific/electrostatic interactions and the formation of outer-sphere
complexes. On the other hand, insignificant changes in the adsorption efficiency with
increasing ionic strength are associated with the formation of specific interactions and the
formation of inner-sphere complexes [6,7].

62



Molecules 2022, 27, 6765

According to the data in Figure 5, which show the adsorption efficiency (log10Kd val-
ues) as a function of the ionic strength, there was almost no effect of the ionic strength on ad-
sorption efficiency, assuming specific interactions and formation of inner-sphere complexes
between the uranyl cation and biochar surface moieties, which are carboxylic/carboxylate
groups particularly on the surface of LCC_ox. It has to be noted that oxygen-containing moi-
eties were also present (to a lesser extent) on the surface of untreated biochar contributing
significantly to U(VI) adsorption by LCC, particularly at pH 4.
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Figure 5. The Kd values for the U(VI) sorption by two different types of biochar fibers (LCC and
LCC_ox) as a function of ionic strength. [U-232] = 8.6 × 10−14 mol/L, biochar mass = 0.01 g, pH 4
and ambient conditions.

2.5. The Effect of Temperature on the U-232 Adsorption by LCC and LCC_ox

The evaluation of the thermodynamic parameters (∆H0; and ∆S0) for the U(VI) ad-
sorption by the two different biochar materials was performed by determining the corre-
sponding Kd values at three different temperatures and plotting lnKd versus 1/T according
to the Van ’t Hoff equation:

ln Kd = −∆H0

R·T +
∆S0

R
(1)

The lnKd −1/T plot is shown in Figure 6; the thermodynamic parameters were calcu-
lated using the slope and intercept obtained from the linear regression of the associated
experiment, and were found to amount to ∆H0 = 1.4 kJ mol−1 and ∆S0 = 5.4 J K−1 mol−1,
and ∆H0 = 1.5 kJ mol−1 and ∆S0 = 6.1 J K−1 mol−1, for the adsorption of U(VI) by LCC
and LCC_ox, respectively. These data clearly indicate that the adsorption of U(VI) by both
biochar materials is an endothermic and entropy-driven process, and are in agreement
with previous studies. However, the values obtained are up to two orders lower than the
corresponding values obtained from experiments performed using higher uranium concen-
trations [6,7]. This is attributed to the fact that at higher concentrations, the assumption
of a large excess of binding sites compared to the metal species is not viable, resulting in
those significant differences.

2.6. The Removal of U-232 from Seawater by LCC and LCC_ox

The applicability of the biochar materials regarding the removal of ultratrace amounts
of the radionuclide from natural waters was tested using U-232-contaminated seawater
solutions and varying biochar amounts (e.g., 0.01, 0.05 and 0.1 g). After 24 h of contact, the
remaining radionuclide concentration in solution was determined by alpha-spectroscopy
and the representative spectra are shown in Figure 7. The relative U-232 removal from the
seawater solution (20 mL) using various amounts of biochar is graphically summarized
in Figure 8. The data (Figure 7) clearly show that increasing biochar mass resulted in
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increasing removal efficiency and that the oxidized counterpart (LCC-ox) presented a
higher removal efficiency, which was almost 100% for the seawater sample treated with
0.1 g.
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Compared to the corresponding data obtained from laboratory solutions (pH 2), it is
obvious that the removal efficiency in seawater solutions is generally higher for both biochar
materials (LCC and LCC_ox) despite the presence of competing cations (e.g., Ca2+, Fe3+)
and complexing ligands (e.g., CO3

2−) that disfavor U(VI) surface complexation [6,7]. This is
ascribed to the higher pH of seawater solutions compared to the laboratory solutions (pH 2),
and the associated higher affinity of the surface moieties for U(VI) at pH 8.3 compared to pH
2. Nevertheless, at lower adsorbent amounts, the removal efficiency decreases dramatically,
because the surface active sites are quantitatively occupied by competing cations (e.g., Ca2+,
Fe3+), indicating that the materials are non-selective adsorbents and can bind polyvalent
metal ions that can specifically interact and form complexes with the carboxylic moieties,
present particularly on the LCC_ox surface.
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3. Materials and Methods

All experiments were carried out in 30-mL polyethylene (PE) screw-capped bottles
under ambient conditions (23 ± 2 ◦C). The uranium isotope, U-232 (t1/2 = 68.9 years), was
used for the studies. Reference and test solutions had the same initial activity concentration
(0.5 mBq/mL) and were prepared from a standard tracer solution (4.923 kBq/g) purchased
from NPL (United Kingdom). The studied biochar samples included biochar prepared
from Luffa cylindrica fibers (LCC) and its surface-oxidized counterpart (LCC_ox). The
preparation and characterization of unmodified and oxidized biochar fibers is extensively
investigated and described elsewhere [6,7]. In contrast to LCC, which is characterized by
a graphite-like surface, the carboxylic moieties govern the surface charge and chemistry
of LCC_ox. The experiments were performed in laboratory solutions using deionized
water of different pH (i.e., 2, 4, 7 and 9) and in seawater collected from a local coastal
area. The composition of the seawater samples is given elsewhere [19]. The pH was
adjusted using HCl and NaOH solutions, and measured using a combined glass electrode
and a pH meter (Hanna Instruments, Woonsocket, RI, USA), which was calibrated prior
to each experiment with buffer solutions (Scharlau, Barcelona, Spain). The radiometric
analysis of the uranium isotope (U-232) was performed by means of an alpha-spectrometer
(Canberra France, Loches, France), as described elsewhere [20]. In addition, the reference
and control samples from the U-232 analysis were obtained by liquid scintillation counting
(LSC, Triathler, Hidex, Turku, Finland). Alpha-spectrometry measurements were carried
out in duplicate and LSC measurements were also performed in parallel to compare the
data obtained from both radiometric methods. The detection limits were evaluated to be
0.05 mBq and 0.03 mBq for the LSC and alpha-spectrometric measurements, respectively.

The adsorption studies were carried out by contacting 0.01 g of the biochar with 20 mL
of the U-232 solution at an activity concentration of 25 Bq/L ([U-232]= 8.6 × 10−14 mol/L)
in 30-mL screw-capped PE bottles. Specifically, the effect of contact time was explored at
a pH of 4 and under the previously mentioned conditions. Similarly, the pH effect was
investigated for the pH of 2, 4, 7 and 9. The effect of the biochar mass was investigated
in laboratory solutions (pH 2) and seawater solutions (pH 8.3) by adding 0.01, 0.05 and
0.1 g of biochar and the reference solution (without biochar). The effect of ionic strength
(I) was considered using aqueous NaClO4 solutions of varying concentrations (0.05, 0.1,
0.5 and 1M). The effect of temperature was investigated at 25, 40 and 60 ◦C at a pH of 4.
The suspensions were agitated on a rocking shaker (SK-R1807, DLAB, Beijing China) at
an agitation rate of 65 min−1. For the uranium analysis, aliquots of 200 µL were used to
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determine the radionuclide concentration in solution using an alpha-spectrometer or a
liquid scintillation counter, which were previously calibrated using standard reference
solutions and sources.

The partition coefficient, Kd, was used to evaluate the sorption efficiency, because of
the sub-picomolar uranium concentrations used and the great excess of surface binding
sites (B). The partition coefficient, Kd, is defined as:

Kd = [U(VI)]ads/[U(VI)]aq (L/kg) (2)

where [U(VI)]ads (Bq/g) is the activity of the U-232 adsorbed by the biochar and [U(VI)]aq
(Bq/L) is the U-232 activity concentration in solution at equilibrium. The amount of U-232
adsorbed by biochar (dry mass) was calculated from the total activity of U-232 adsorbed
minus the activity of U-232 adsorbed by the plastic bottle walls, which was not negligible
and had to be taken into account. In addition, under ambient conditions, the U(VI) was
expected to be the predominant oxidation state of uranium in solution [21].

In addition, the sorption efficiency is expressed as %-relative removal and is calculated by:

%-relative removal = 100·([U(VI)]R − [U(VI)]aq)/[U(VI)]R) (3)

where [U(VI)]R is the U-232 concentration in the reference solution.
The experiments were performed in triplicate, and the mean values and uncertainties

were used for the data evaluation and graphical presentations.

4. Conclusions

Biochar materials have the ability to adsorb radionuclides (U-232) even in the sub-
picomolar concentration range. The adsorption efficiency strongly depends on the solution
pH that governs surface charge and U(VI) speciation in solution. Surface modification,
such as the oxidation of the biochar, results in a significantly higher sorption capacity and
affinity of the adsorbent for U(VI) due to the formation of surface carboxylic moieties.
Variation of the ionic strength does not have any significant effect on the sorption efficiency,
indicating the formation of inner-sphere surface complexes, and the evaluation of the data
obtained from the experiments performed at different temperatures revealed endothermic
and entropy-driven adsorption processes. In seawater, that has a pH~8.3 and contains
anions (e.g., Ca2+, Fe3+) which can compete with U(VI) and occupy sorption sites on the
MPs surface, and anions (CO3

2−, SO4
2−) which can act as ligands and stabilize U(VI) in the

aqueous phase, the sorption efficiency decreases dramatically. Nevertheless, increasing the
biomass amount, particularly in the case of LCC_ox, can result in the almost quantitative
removal of the radionuclide even from seawater solutions.

Future studies could include experiments related to the adsorption efficiency of biochars
for other radionuclides (e.g., Ra, Am, Pu) and surface derivatization to enhance selectivity
towards certain radionuclides of particular interest, especially for use in nuclear medicine, as
well as experiments to study the competitive adsorption in radionuclide mixtures.
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Abstract: In this study, high-performance modified biochar/alginate composite bead (MCB/ALG)
adsorbents were prepared from recycled agricultural waste corncobs by a high-temperature pyrolysis
and KOH/FeCl3 activation process. The prepared MCB/ALG beads were tested for the adsorption
of methylene blue (MB) dye from wastewater. A variety of analytical methods, such as SEM, BET,
FTIR and XRD, were used to investigate the structure and properties of the as-prepared adsorbents.
The effects of solution pH, time, initial MB concentration and adsorption temperature on the ad-
sorption performance of MCB/ALG beads were discussed in detail. The results showed that the
adsorption equilibrium of MB dye was consistent with the Langmuir isothermal model and the
pseudo-second-order kinetic model. The maximum adsorption capacity of MCB/ALG−1 could reach
1373.49 mg/g at 303 K. The thermodynamic studies implied endothermic and spontaneous properties
of the adsorption system. This high adsorption performance of MCB/ALG was mainly attributed to
pore filling, hydrogen bonding and electrostatic interactions. The regeneration experiments showed
that the removal rate of MB could still reach 85% even after five cycles of experiments, indicating that
MCB/ALG had good reusability and stability. These results suggested that a win-win strategy of
applying agricultural waste to water remediation was feasible.

Keywords: corncob biochar; KOH/FeCl3 modified; methylene blue; adsorption performance;
adsorption mechanism

1. Introduction

In recent decades, chemical dyes have been widely used in textile, leather, paint and
other industries, resulting in a large amount of dye wastewater [1]. Due to toxicity and
poor biodegradability, it is essential that the dye wastewater is properly treated before
being discharged into aquatic systems [2]. As a common cationic dye, methylene blue (MB)
is widely used in print, leather and textile industries [3–5]. However, it has been proven to
cause various health problems, such as vertigo, retching and eye burns [6]. Therefore, in
recent years, it has been of great significance to remove MB from industrial wastewater [7].

Conventional treatment methods for MB include membrane separation, adsorption,
electrochemical oxidation and the Fenton method [8–11]. Among various treatment tech-
nologies, the adsorption method is considered as the most promising method because
of its good stability and efficiency [12]. Numerous adsorbents, such as graphene oxide,
chitosan, activated carbon and bentonite, have been used to remove MB from aqueous
solution [13–16]. However, the application of these adsorbents is limited by a high cost and
restricted regeneration performance. Developing alternative adsorbents with the merits of
low cost and eco-friendliness has always been pursued by scholars all over the world.

Biochar (BC) has attracted considerable attention as economical absorbents because of
its large pore volume and facile modification [17–19]. Biochar is derived from agricultural
and forestry wastes (e.g., peanut shells, corncob, rice husk, walnut shell, etc.) and prepared
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by pyrolysis under high temperature and under oxygen-free conditions [20–22]. In China,
most corncobs are directly discarded or burned, resulting in resource waste and serious
air pollution [23]. Corncob is a good raw material for the production of biochar to solve
problems such as effective utilization of agricultural and forestry by-product wastes [24].
However, the biochar obtained by one-step direct pyrolysis usually has small adsorption
capacity. In order to enhance its adsorption capacity, additional chemical modification
is typically undertaken. KOH modification could improve the surface groups of biochar,
thus improving the adsorption capacity of biochar [25]. Ma et al. [26] reported that the
adsorption capacity of KOH modified corncob biochar for pollutants is six times higher
than that of unmodified biochar. Furthermore, the modification of ferric chloride (FeCl3)
can increase carbon yield and increase the number of functional groups of biochar, thus
enhancing its adsorption performance [27]. However, the difficulties in cleaning and
separating powdered biochar restrict its further industry application. Thus, the preparation
of solid biochar is the key to the industrial application of biochar.

Sodium alginate (SA) is a kind of natural polysaccharide obtained mainly from marine
brown algae, with rich hydroxyl and carboxyl functional groups in its polymer chain. It is
widely used as the supporting material of various powder adsorbents in various methods,
and shows a good application prospect in wastewater pollutant removal [28]. However,
the prepared adsorbent has poor mechanical strength. To enhance the mechanical strength,
glutaraldehyde is selected as the crosslinking agent. Sodium alginate composite corncob
biochar pellets in the form of beads are deliberated in this research, which may overcome
these disadvantages and are easy to reuse in batch studies. It is believed that the framework
of KOH/FeCl3 modified corncob biochar loaded alginate matrix beads might show high
selectivity towards the removal of MB from water.

Based on the hypothesis, the current work had the aim of fabricating facile, eco-friendly
and biocompatible KOH/FeCl3 modified biochar/alginate composite beads for application
in the adsorption of MB from water. The adsorbent was characterized by SEM, BET, XRD
and FTIR. The effects of solution pH, initial concentration and contact time, adsorption
temperature on the removal MB process were optimized. At last, the adsorption kinetics,
isotherms and thermodynamics of adsorption of MB from water carried out to explore
adsorption behavior.

2. Results and Discussion
2.1. Characterization

SEM images of the corncob biochar (CB), modified corncob biochar (MCB) and modi-
fied biochar/alginate composite beads (MCB/ALG) are shown in Figure 1. The surface of
CB (Figure 1a) is relatively smooth, while the surface of MCB (Figure 1b) becomes rough,
with more pore structures and more cracks. This is because the activation reaction between
KOH and carbonaceous structure promotes the development of porous structure of porous
carbon [29]. Obviously, this rich porosity may be conducive to improving the absorption
performance of biochar. Although MCB/ALG (Figure 1c,e,g) has a spherical shape, its
surface is relatively rough due to the irregular accumulation of biochar. It is worth noting
that this phenomenon becomes more pronounced with the increase in MCB content in
MCB/ALG. Due to the addition of large amounts of MCB, inhomogeneities can be observed
on the surface of MCB/ALG−3.

To gain insight into the porous structure of the samples, N2 adsorption–desorption
tests are performed using the isotherms and BJH pore size distribution curves shown in
Figure 2. The porous structure parameters are summarized in Table 1. According to the
IUPAC classification, the adsorption–desorption isotherms (Figure 2a) of three samples are
considered to be type IV with H3 type hysteresis loop, implying the presence of porous
structures in these samples. Compared to CB, the specific surface area of MCB is increased
by more than twenty times. However, the poor pore structure of MCB/ALG compared
to MCB suggests that some micropores and mesopores in MCB particles may be blocked
after the composite process. Figure 2b shows the pore diameter distribution curves of the
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samples. It is observed that the pore diameters of three samples are mainly distributed
around 8 nm, indicating that they have a mesoporous structure [30]. Table 1 shows that the
modification leads to an increase in specific surface area and pore volume, and a decrease
in pore diameter, indicating that the modification can induce a small porous structure in
CB. In contrast, after the recombination process, the pore diameter of MCB/ALG increases
slightly. In conclusion, the relatively high specific surface area and large pore diameter of
MCB/ALG may be more conducive to the diffusion of contaminants into the internal pores
and subsequent removal by adsorption.
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Table 1. BET parameters of CB, MCB and MCB/ALG.

Sample BET Surface Area
(m2/g)

Pore Volume
(cm3/g)

Pore Diameter
(nm)

CB 25.9 0.006 7.6
MCB 468.4 0.3 6.0

MCB/ALG 128.8 0.1 8.1

Figure 3a shows the FTIR spectra of the samples to determine the various functional
groups. The surface functional groups of corncob biochar were changed during the chemical
modification of KOH and FeCl3 and high temperature carbonization process. All sam-
ples exhibit broad peaks around 3420 cm−1, indicating the presence of hydroxyl (O–H)
stretching vibrations [31]. The increase in peak intensity of –OH after alkali modification
compared to unmodified indicates an increase in oxygen-containing functional groups on
the surface of biochar. These oxygen-containing functional groups enhance the adsorption
of MB by providing active sites [32]. The peak around 1590 cm−1 and 1400 cm−1 are the
aromatic ring (C=C) and C–N stretching vibrations, respectively. The peaks at 880 cm−1

and 810 cm−1 could be attributed to the C–H bending vibration outside the aromatic plane.
It has been reported that the occurrence of aromatization processes during the modifica-
tion process may lead to the enhancement of the intensity of the above-mentioned peaks.
It can be seen that the prepared MCB/ALG inherits the functional groups of MCB and SA.
It proves that the composite beads were successfully synthesized. The XRD spectra of the
samples are illustrated in Figure 3b. For the four samples in the figure, the broad diffraction
peaks near 2θ = 22◦ are characteristic peaks for cellulose and hemicellulose [33]. After modi-
fication, FeCl3 significantly changed the XRD spectrum of CB. Both MCB and MCB/ALG−1
samples show a wide diffraction peak at a 2θ value of 43.2◦, belonging to the plane of
graphite carbon. The diffraction peaks of Fe3O4 (2θ = 30.2◦, 43.2◦, 57.2◦, 62.7◦) and γ-Fe2O3
(2θ = 35.5◦) can be clearly observed on MCB and MCB/ALG [34]. This is mainly due to
the addition of FeCl3 in the modification process, which introduces a small amount of
Fe. The results demonstrate the presence of graphene structures in MCB and MCB/ALG,
which facilitates the adsorption of MB [35].
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2.2. Effect of pH on Adsorption

As an important factor in the adsorption process, the initial pH value can affect the
charge change on the adsorbent surface, thus affecting the adsorption efficiency of MB [36].
The effect of pH on MB adsorption from water on adsorbents is presented in Figure 4a.
From Figure 4a, it can be seen that the removal efficiencies of MB have changed slightly in
the pH value range of 3.0–10.0. This suggests that the adsorption process is less affected by
the electrostatic force between MB and adsorbent under the solution pH value of 3.0–7.0,
and the adsorption process may be dominated by pore filling and hydrogen bonding.
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As the solution pH value enhances, the removal efficiency of MB increased significantly.
Therefore, it is not conducive for the adsorption of MB on MCB/ALG samples under acidic
conditions. Compared with three MCB/ALG adsorbents, MCB/ALG−1 shows a better
adsorption performance. The affinity of biochar to MB gradually increases with increasing
pH. The solution has a strong electrostatic attraction between the positively charged biochar
adsorbent and the negatively charged MB. As shown in Figure 4b, the adsorbent surface
shows a more negative charge density at higher pH values. The surface of biochar contains
chemical groups, such as –OH and –COOH, and the pH of the dye changes its charge.
At acidic conditions, the capacity of the binding sites on biochar is limited. At low pH
conditions, MB is a positively charged cationic dye, which leads to electrostatic repulsion
between MB and biochar, thereby reducing the removal rate. Through later analysis, the
study found that electrostatic attraction is not the only adsorption method [37]. In addition
to the adsorption of surface functional groups, it also includes intra-particle diffusion.
More adsorption mechanisms have been explored later. Hence, increasing the pH of the
solution after reaching the adsorption equilibrium does not significantly reduce the removal
rate. When the pH value increased to 10, the absolute value of ∆pH of biochar decreased,
showing a slight decrease in removal rate. So, exploring suitable adsorption conditions is
conducive to the maximization of adsorption efficiency.

Molecules 2023, 28, x FOR PEER REVIEW 6 of 15 
 

 

 
Figure 4. Effect of pH on MB by MCB/ALG−1, MCB/ALG−2 and MCB/ALG−3: (a) removal 
efficiency; (b) determination of pHPZC of MCB/ALG−1 in NaCl solutions by batch equilibrium. 

2.3. Adsorption Kinetics 
Figure 5a shows the time evolution of MB adsorption on MCB/ALG−1 and MCB. In 

order to evaluate the adsorption kinetic behavior of MB on adsorbent, pseudo-first-order, 
pseudo-second-order and intra-particle diffusion models were used to fit the 
experimental data [38]. 

 
Figure 5. (a) Kinetics fitting results of MB adsorption on MCB/ALG−1 and MCB; (b) intra-particle 
diffusion model for MB uptake onto MCB/ALG−1 and MCB. 

The pseudo-first-order kinetic model: 

1[1 ]k tt eq q e−= −  (1)

The pseudo-second-order kinetic model: 
2

2

21
e

t
e

q k tq
k q t

=
+  

(2)

The intra-particle diffusion kinetic model: 

1/2
t iq k t C= +  (3)

where qt (mg/g) represents the amount of MB adsorbed by a mass unit of adsorbent at a 
predetermined time t (min), whereas k1 (/min) and k2 (g/mg·min) are the rate constants of 
the pseudo-first-order and pseudo-second-order kinetic models, respectively. ki 

Figure 4. Effect of pH on MB by MCB/ALG−1, MCB/ALG−2 and MCB/ALG−3: (a) removal
efficiency; (b) determination of pHPZC of MCB/ALG−1 in NaCl solutions by batch equilibrium.

2.3. Adsorption Kinetics

Figure 5a shows the time evolution of MB adsorption on MCB/ALG−1 and MCB. In order
to evaluate the adsorption kinetic behavior of MB on adsorbent, pseudo-first-order, pseudo-
second-order and intra-particle diffusion models were used to fit the experimental data [38].
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The pseudo-first-order kinetic model:

qt = qe[1 − e−k1t] (1)

The pseudo-second-order kinetic model:

qt =
q2

e k2t
1 + k2qet

(2)

The intra-particle diffusion kinetic model:

qt = kit1/2 + C (3)

where qt (mg/g) represents the amount of MB adsorbed by a mass unit of adsorbent at a pre-
determined time t (min), whereas k1 (/min) and k2 (g/mg·min) are the rate constants of the
pseudo-first-order and pseudo-second-order kinetic models, respectively. ki (mg/g·min1/2)
is the rate constant for the intra-particle diffusion model, and C (mg/g) is a constant that
represents the boundary layer thickness.

In this work, the kinetic parameters were obtained by using non-linear fitting method,
and the applicability of adsorption kinetic model was determined by the root mean squared
error (RMSE). In principle, the lower the RMSE value, the more suitable the model fits.
RMSE could be calculated using the following Equation:

RMSE =

√
1
n

n

∑
i=1

(qcali − qexpi) (4)

where qcali and qexpi are the predicted and measured values of the adsorption capacity at
time t, respectively, and n is the number of experimental data.

As shown in Figure 5a, the adsorption process can be divided into three stages: the
fast adsorption stage, the slow adsorption stage, and the stabilization stage. During the
fast adsorption stage, about 90% of the adsorption occurred within 250 min, which may
be because the high concentration of MB at the interface between the adsorbents and the
solution promoted a large mass transfer driving force, resulting in MB rapidly occupying
the adsorption site. In addition, the values of kinetic parameters and their RMSE values
are summarized in Table 2. As a key parameter, the root mean square error of the pseudo-
second-order model is lower than that of the pseudo-first-order model. In contrast, the
fitted curves of the pseudo-second-order model are always closer to the experimental data
points, indicating that the pseudo-second-order model can better describe the adsorption
kinetics. These results show that the pseudo-second-order model is more suitable for
describing the adsorption process than the pseudo-first-order model, which indicates that
the rate–determining step of MCB/ALG−1 may be a chemisorption process.

Table 2. Kinetic parameters for the adsorption of MB on MCB/ALG−1 and MCB.

Sample
qe,exp

(mg/L)

Pseudo-First-Order Model Pseudo-Second-Order Model

qe,cal
(mg/g)

k1
(/min) RMSE qe,cal

(mg/g)
k2

(g/mg·min) RMSE

MCB/ALG−1 1040.7 957.3 0.005 105.1 1055.2 7.31 × 10−6 81.4
MCB 585.92 525.8 0.02 46.0 562.7 6.09 × 10−5 25.1

The intra-particle diffusion model is further applied to determine the rate-controlling
step of the adsorption processes. According to Figure 5b, the plots of qt versus t0.5 are
comprised of three linear segments and do not pass through the origin. It is proved that
the adsorption process of MB on MCB/ALG−1 and MCB is multi-step, and intra-particle
diffusion is not the only rate-limiting step [39]. In the first stage, the fastest adsorption
rate (maximum slope) is associated with film diffusion, where MB molecules migrate from
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solution to the outer surface of MCB/ALG−1 and MCB, as the large concentration gradient
provides sufficient driving force. The second stage has a relatively high adsorption rate
and shows a progressive adsorption phase corresponding to the intra-particle diffusion of
MB molecules through the internal pores and cavities of the adsorbent. In the third stage,
the diffusion rate in the pores is further reduced and the adsorption gradually reaches
equilibrium. Compared to the rate constants of the stages, the rate constants of the first
stage are much higher than those of the other stages, which implies that the film diffusion is
the dominant rate limiting step in the whole process; while the linear part near the platform
in the late stage, indicating that intra-particle diffusion is not the only rate-limiting factor,
the adsorption rate is also affected and controlled by the external diffusion step and the
surface diffusion of the adsorbent [36,40].

2.4. Adsorption Isotherm

The adsorption isotherm curve is helpful to analyze the interaction between the adsor-
bent and the adsorbate and the characteristics of the adsorption layer. Langmuir and Fre-
undlich isotherm models are used to describe the adsorption data of MB on MCB/ALG−1
samples at 303, 313 and 323 K. The Langmuir and Freundlich isotherm models can be
expressed as follows [41].

The Langmuir isothermal model:

qe =
qmKLCe

1 + KLCe
(5)

The Freundlich isothermal model:

qe = KFC1/nF
e (6)

where qe and qm (mg/g) represent the equilibrium adsorption amount and the maximum
adsorption amount, respectively; Ce (mg/L) represents the equilibrium adsorption concen-
tration; KL is the Langmuir constant which is related to the affinity of binding sites (L/mg).
KF is the Freundlich isothermal constant and nF is the heterogeneity factors.

The characteristic constants of Langmuir and Freundlich isotherm models are shown
in Table 3, and the curves are shown in Figure 6. The Langmuir isothermal model assumes
that monolayer adsorption occurs on the adsorbent surface with equivalent adsorption
sites, while the Freundlich isothermal model is used to describe equilibrium data and
adsorption characteristics for a heterogeneous surface. The Langmuir model has a lower
root mean square error compared to the Freundlich model, indicating that the Langmuir
isotherm model is a better fit than the Freundlich isotherm model for the adsorption data
in the current experiments, in agreement with a previous report [42]. Thus, the adsorption
of MB on MCB/ALG−1 samples is consistent with monolayer adsorption. In addition,
an increasing trend of MB adsorption is observed in the temperature range of 303–323 K,
clearly indicating its endothermic nature. Meanwhile, the parameter nF of the Freundlich
model is greater than 1, indicating a strong affinity between the MCB/ALG−1 samples
and the MB molecule, which is a favorable adsorption process. The maximum adsorption
capacities (qm) of MCB/ALG−1 calculated according to the Langmuir model were 1373.49,
1457.28 and 1485.03 mg/g at 303, 313 and 323 K, respectively. Table 4 lists the maximum
adsorption capacities (qm) for MB on biochar derived from various waste reported in
previous studies. It is noted that the adsorption capacity of MCB/ALG−1 is superior or
comparable to that of most adsorbents reported in the literature.
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Table 3. Adsorption parameters obtained from Langmuir and Freundlich isotherm models.

T (K)
Langmuir Freundlich

qm (mg/g) KL (L/mg) RMSE KF (L/mg) nF RMSE

303 1373.49 0.0030 105.05 55.93 2.37 127.88
313 1457.28 0.0031 94.47 59.26 2.3 116.74
323 1485.03 0.0037 106.91 70.73 2.45 127.25

Table 4. Comparison of various biochar materials for MB removal.

Raw Pyrolysis Temperature (◦C) qm (mg/g) Reference

Tamarind seed 500 102.77 [43]
Sodium carboxymethyl

cellulose 900 249.6 [44]

Bamboo 600 286.1 [45]
Alfalfa 600 326.90 [35]

Rattan stalks 600 359 [46]
Coffee grounds 600 367 [47]

Waste tea 450 683.6 [48]
Corncobs 800 1373.49 This work

Corncob-to-xylose residue 850 1563.9 [49]

2.5. Adsorption Thermodynamics

Temperature is an important parameter to control species adsorption in the system.
The Gibbs free energy change (∆G), enthalpy change (∆H) and entropy change (∆S) play
a key role in determining the heat exchange and spontaneity of the adsorption process.
Application of the flow equation to calculate thermodynamic parameters [50].

∆G = −RT ln Kd (7)

∆G = ∆H − T∆S (8)

ln Kd =
∆S
R

− ∆H
RT

(9)

where Kd is the thermodynamic equilibrium constant; R (8.314 J/(mol·K)) stands for the
gas constant; T (K) represents the experimental temperature; ∆S (J/(mol·K)) represents
the entropy change of the system; ∆H (kJ/mol) represents the enthalpy change and ∆G
(kJ/mol) represents the Gibbs free energy.
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The calculation results of thermodynamic equilibrium coefficient are shown in Table 5.
The enthalpy of the adsorption process become positive (∆H > 0) at different temperatures,
indicating that the adsorption of MB on MCB/ALG−1 sample is a heat absorption reaction
and the increase in temperature favors the adsorption process, which is consistent with the
isothermal model analysis. The change in entropy is also positive (∆S > 0), proving that the
adsorption process is irreversible and proceeds along the direction of increasing system disorder.
Meanwhile, the ∆G values are negative, thus indicating that the adsorption process was
spontaneous. Hence, the MB adsorption on MCB/ALG−1 is endothermic and spontaneous.

Table 5. Thermodynamic parameters for adsorption of MB on MCB/ALG−1.

T (K) ∆G (kJ·mol −1) ∆H (kJ·mol −1) ∆S (kJ·mol −1 K−1)

303 −0.2551
9.4163 0.0754313 −0.3726

323 −0.6369

2.6. Regeneration and Reusability

In practical applications, it is necessary to perform adsorption–desorption tests on the
adsorbent, since the reusability of the adsorbent is a key factor for economic results [51].
From Figure 7, it can be found that the MCB/ALG−1 sample can still reach 85% MB
removal after five adsorption–desorption cycles. Therefore, the MCB/ALG−1 sample is a
promising adsorbent with good reusability.
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3. Materials and Methods
3.1. Materials

The corncobs were obtained from the countryside of Wuhan, Hubei province, China.
Methylene blue, ferric chloride hexahydrate (FeCl3·6H2O, AR, 98%), potassium hydroxide
(KOH, GR, 85%), hydrochloric acid (HCl, 36%), glutaraldehyde (25%), calcium chloride
(CaCl2, AR, 96%) and sodium alginate (200 ± 20 mPa s), sodium chloride (NaCl, AR, 99.5%),
nitric acid (HNO3), sodium hydroxide (NaOH, AR, 95%) were supplied from Sinopharm
Chemical Reagent Co., Ltd (Shanghai, China). All reagents are analytical grade and used
directly. All water mentioned in this paper was deionized water (18.2 MΩ cm).

3.2. Preparation of KOH/FeCl3 Modified Corncob Biochar (MCB)

To prepare KOH/FeCl3 modified corncob biochar (MCB), the corncob was washed
with deionized water 3 times to remove impurities on its surface. After that, the corncob
powder and KOH (mass ratio of corncob powder: KOH = 1:1.87) were mixed with 100 mL
2.5 mol/L FeCl3·6H2O for modification [35]. The mixture was stirred in a 60 ◦C water bath
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for 2 h and maintained overnight in an oven at 60 ◦C. Subsequently, the corncob powder
was pyrolyzed in a tubular furnace at 800 ◦C for 2 h at a heating rate of 10 ◦C/min [51].
During the pyrolysis process, N2 was used as a protective gas at a flow rate of 200 mL/min.
Finally, after cooling to room temperature, the biochar was washed with 1 mol/L HCl,
and then with distilled water at room temperature up to neutral pH. The final sample was
dried in an oven at 60 ◦C. The resulting modified biochar was denoted by MCB, and the
unmodified biochar was denoted as CB.

3.3. Preparation of MCB/ALG Composite Beads

Generally, 0.2 g SA was dissolved in 10 mL deionized water. MCB (0.2, 0.4, 0.6 g) was
added, and the mixture was stirred to obtain a homogeneous system. Then, the above
mixture was poured slowly into a syringe (1 mL) and was injected into 1% CaCl2 solution
at a uniform rate for crosslinking of 12 h. The beads were rinsed repeatedly with deionized
water to remove Ca2+ and residual MCB particles. Subsequently, the obtained beads were
immersed into a mixture solution containing 1 wt% glutaraldehyde for 12 h with continuously
shaking and were rinsed 5–6 times with deionized water. The resulting sample was denoted
MCB/ALG−1, MCB/ALG−2 and MCB/ALG−3, according to the mass ratio of MCB and
SA in the modified biochar/alginate composite beads. Finally, the prepared MCB/ALG were
freeze-dried. Figure 8 illustrates the process of MCB/ALG preparation.
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3.4. Characteristics of Samples

The surface morphology and particle size of adsorbents were studied by scanning
electron microscopy (SEM, Hitachi, S-3000N, Tokyo, Japan). Fourier transform infrared
spectroscopy (FTIR, Thermo Scientific, Nicolet IS10, Waltham, MA, USA) recorded chemical
constituents of adsorbents in the range from 4000 to 400 cm−1. The specific surface area,
pore size and pore volume of samples were measured by the Brunauer–Emmet–Teller
(BET, Micromeritics, ASAP2460, Atlanta, GA, USA). The crystalline state of the adsorbents
was analyzed by X-ray diffraction (XRD, Shimadzu, XRD-7000, Kyoto, Japan). The point
of zero charge (pHPZC) for MCB-ALG beads was measured by the batch equilibrium
method. The pH values of 0.1 and 0.01 mol/L NaCl solutions were adjusted from 3.0
to 12.0 by adding HNO3 or NaOH solution. The solution was puffed with nitrogen at
room temperature to remove dissolved carbon dioxide until the initial pH (pHi) was stable.
Then, 0.1 g of MCB/ALG−1 was introduced into 50 mL, respectively, and the suspension
was shaken for 24 h. The final pH values (pHf) of supernatant were recorded. The difference
between the initial and final pH values (∆pH = pHf − pHi) was plotted against the pHi.
The point of intersection of the resulting curve at which ∆pH = 0 was the pHPZC.
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3.5. Batch Adsorption Experiments

The stock solution of MB dye with a concentration of 10,000 mg/L was prepared and
was diluted to obtain the MB solution required for the experiment. Each sample was tested
three times under the same conditions, and the average value of the results was taken.

Ten milligrams of adsorbent (MCB, MCB/ALG) was placed into a centrifuge tube
containing 10 mL MB solution and agitated at 170 rpm on a shaker. After stirring at 25 ◦C
for 24 h, the supernatant was separated by a 0.45 µm membrane filter. The concentration of
MB in the supernatant was measured by UV–visible spectrophotometer (Beijing general
analytical Instrument, T6, China) at a wavelength of 664 nm. The adsorption capacity
(qe, mg/g) and removal efficiency (R, %) were calculated according to Equations (10) and (11).

qe =
(C0 − Ce)V

m
(10)

R =
(C0 − Ce)

C0
× 100% (11)

where C0 and Ce are the initial and equilibrium concentrations of MB, respectively, m (g)
represents the dosage of adsorbent, V (L) is the MB solution volume.

In order to study the effect of pH value on the removal efficiency of MB, the pH value
of solution was changed from 3 to 12. The initial pH value of the MB solution measured by a
pH meter and adjusted by using 0.1 mol/L HNO3 and NaOH (aq). For adsorption kinetics
experiments, the MB solution with a concentration of 1200 mg/L was shaken at 25 ◦C for a
range of 10 to 2000 min. Adsorption isotherm experiments was tested at the MB solution
concentration of ranging from 25 to 4000 mg/L at 303, 313 and 323 K. The thermodynamic
studies were conducted at different temperatures under the same experimental conditions.

3.6. Regeneration Experiment

For desorption and regeneration studies, experiments were performed in 10 mL
of MB solution (1200 mol/L) with 10 mg MCB/ALG−1 and shaken at 25 ◦C for 24 h.
After saturation, the spent MCB/ALG−1 beads were washed with 50 mL solution containing
1 mol/L HNO3 for 12 h. Then, MCB/ALG−1 beads were washed thoroughly with deionized
water and dried at 40 ◦C. The adsorption–desorption experiment was repeated five times.

4. Conclusions

In this study, biochar/alginate composite beads from waste corncobs were successfully
fabricated by integrating a pyrolysis process and KOH/FeCl3 modification. By comparing
the properties and adsorption performance of MCB/ALG with different KOH modified
ratios, it was found that the MCB/ALG−1 sample had the most graphitized structure and
the largest adsorption capacity, with maximum adsorption capacities of 1373.49 mg/g at
303 K. The adsorption followed the pseudo-second-order kinetic model and the Langmuir
isotherm model. Both the intra-particle diffusion model and the liquid film diffusion were
involved in the adsorption process, and the film diffusion was the main rate-limiting step.
The negative values of ∆G and the positive value of ∆H confirmed the spontaneous and en-
dothermic nature of MB adsorption on MCB/ALG−1. In addition, MCB/ALG−1 showed
the excellent adsorption capacities and considerable reusability. Therefore, MCB/ALG−1
can be used as a promising adsorbent material towards the treatment of MB dye-polluted
water or wastewater.
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Abstract: Adsorption has become the most popular and effective separation technique that is used
across the water and wastewater treatment industries. However, the present research direction is
focused on the development of various solid waste-based adsorbents as an alternative to costly
commercial activated carbon adsorbents, which make the adsorptive separation process more ef-
fective, and on popularising the sustainable options for the remediation of pollutants. Therefore,
there are a large number of reported results available on the application of raw or treated agricultural
biomass-based alternatives as effective adsorbents for aqueous-phase heavy metal ion removal in
batch adsorption studies. The goal of this review article was to provide a comprehensive compilation
of scattered literature information and an up-to-date overview of the development of the current
state of knowledge, based on various batch adsorption research papers that utilised a wide range
of raw, modified, and treated agricultural solid waste biomass-based adsorbents for the adsorptive
removal of aqueous-phase heavy metal ions. Metal ion pollution and its source, toxicity effects, and
treatment technologies, mainly via adsorption, have been reviewed here in detail. Emphasis has
been placed on the removal of heavy metal ions using a wide range of agricultural by-product-based
adsorbents under various physicochemical process conditions. Information available in the literature
on various important influential physicochemical process parameters, such as the metal concentration,
agricultural solid waste adsorbent dose, solution pH, and solution temperature, and importantly,
the adsorbent characteristics of metal ion removal, have been reviewed and critically analysed here.
Finally, from the literature reviewed, future perspectives and conclusions were presented, and a few
future research directions have been proposed.

Keywords: heavy metal pollution; agricultural solid waste-based adsorbents; remediation via adsorption

1. Introduction

The sustainable and cost-effective remediation of water pollutants to produce clean
water is a challenging task for scientists, researchers, and engineers worldwide. As per
the United Nations World Water Development Report in 2020 [1], around four billion
people face severe water scarcity for at least one month per year [2]. Environmental water
contamination due to the large release of various potential and toxic pollutants from human
activities, such as increased industrialisation, urbanisation, populations, and agricultural
activities, into water bodies present a high risk to human life and aquatic environments [3].
The commonly found heavy metals ions include Cu2+, Ni2+, Zn2+, Cd2+, Pb2+, and Hg2+

ions [3–5]. Among them, Cd2+, Pb2+, Hg2+, and As3+ ions are the most dangerous heavy
metal ions that have been identified by the World Health Organisation (WHO) [5]. Heavy
metals are not biodegradable and are carcinogenic in nature. About 40% of Earth’s surface
water, comprising mainly river and lake water, is being polluted by heavy metal ions
primarily from the industrial and agricultural activities [6].

The major sources of heavy metal ion pollution comprise discharge from various un-
treated industrial effluents from refineries, coal-fired power plants, mining industries, alumina
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refineries, metallurgical industries, heavy chemicals, chloro-alkali industries, battery indus-
tries, dyes and pigments, fertilisers, metal smelters, paints and ceramics, tanneries, textiles,
etc. [3,7]. The metal ions Cd2+, Pb2+, Hg2+ Cr3+, Cu2+, Mn2+, Fe3+, and Zn2+ are significantly
toxic and pose risks to both humans and the environment [7–9]. There are various adverse
health effects, such as diarrhoea, disorderedness, stomach problems, paralysis, various skin
deceases, haemoglobinuria, vomiting, etc., that occur due to heavy metal ion contamina-
tion [3,10]. Heavy metal ions are highly toxic, hazardous to health, and non-biodegradable,
and pose a high threat to the ecosystem if they are left untreated [3,11,12]. Therefore, there
is an urgent need to develop ecofriendly, economically feasible technology to remove these
potential pollutants from the aqueous phase [11]. Detailed information on heavy metal ion
classifications, sources, and their toxicity effects have been detailed in our own previous
publications [3].

A number of conventional technologies, such as chemical precipitation, oxidation, ad-
vanced oxidation, coagulation/flocculation, electrocoagulation, photo catalysis, membrane
processes, reverse osmosis (RO), filtration, adsorption, solvent extraction, electroplating,
ion exchange, activated sludge, and aerobic and anaerobic treatment, have been used
to remove these potential pollutants from water and wastewater with varying levels of
success [2,3,13–20]. All these treatment technologies have their own advantages and disad-
vantages. Various researchers, including the current author’s in their own reported review
publication, have critically discussed the advantages and disadvantages of these different
metal ion treatment technologies [7,19,21–27]. Among these methods, adsorption-based
separation technology is one of the most effective but widely used treatment technologies
for heavy metal-contaminated water and wastewater. This is due to its simple operation,
design simplicity, high separation efficiency, efficiency at lower pollutant concentrations,
high selectivity at the molecular level, low energy consumption, and ability to separate
multiple pollutant components with minimal secondary pollution, making it a form of
sustainable development [3,20,21,28]. In their previous review article, Afroze and Sen [3]
reported statistical data (Figure 1) on the increasing trend of published research papers
on inorganic and organic adsorption using various adsorbents since the year of 1995. The
adsorptive removal of heavy metals from water and wastewater has become an essential
and widely used separation technique in recent times [12].
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Adsorption may be defined as the transfer of one or more solute molecules from
the bulk fluid phase to the solid adsorbent surface and getting retained there. The solid
that adsorbs a solute component is called the adsorbent, and the solute component that
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is adsorbed is termed the adsorbate. When the adsorption arises as a result of weak Van
der Waals or short-range forces, it is called physical adsorption. In contrast, in the case of
chemical adsorption, a chemical covalent or ionic bond formation takes place between the
adsorbate and the adsorbent via electronic transfer, which is irreversible in nature [7]. There
are three major steps involved at the solid/liquid interface of the adsorption process. These
mechanistic steps are as follows: (a) diffusion of the solute adsorbate from the bulk aqueous
phase to the surface of the adsorbent by film diffusion; (b) the adsorption at the solid/liquid
interface means on the active sites of adsorbent surface; and then (c) the internal diffusion
of the solute molecules within the solid adsorbent via pore diffusion or surface diffusion,
or both. In simple terms, the adsorption of aqueous phase heavy metal ions involves a
solid adsorbent phase and a liquid solvent phase, wherein metal ions are in the dissolved
solute adsorbate molecules and are therefore part of the solid/liquid interfacial adsorption
separation process. The mechanism underlying this adsorptive separation process involves
chemisorption, complexation formation at the solid/liquid interface, adsorption on surface
and interior pore structure of the adsorbent, ion exchange, etc., and this is due to the
presence of the mass transfer concentration gradient and diffusional processes [3,14,29].

To predict the rate of adsorption and to identify the mechanisms underlying adsorption
and the adsorbent’s capacity, it is vital to understand the various reported adsorption kinetic
models and isotherm model equations [3,29]. In terms of the adsorption process design,
the determination of various kinetic parameters is a particularly critical design parameter.
Numerous kinetic models, such as the first-order and second-order reversible or irreversible
kinetic models, along with the pseudo-first-order or pseudo-second-order adsorption
models, have been reported and applied to batch adsorption experimental results by
various researchers [2,3,30,31]. The most reported kinetic models are the pseudo-first order
(PFO) and pseudo-second order (PSO) kinetic models, in which batch experimental data are
fitted to these PFO and PSO models. In their critical review article, Tan and Hameed [30]
mentioned that Ho [32] reviewed the applications of second-order models for adsorption
systems, while Liu and Liu [33] summarised the useful kinetic models for biosorption.
Surface reaction mechanism-based adsorption models have been reviewed by Plazinski
et al. [34]. Alberti et al. discussed the batch and dynamic adsorption models [35]. Afroze
and Sen [3] presented a compilation of reported batch adsorption results on the applicability
of pseudo-second-order kinetic models for heavy metal and dye adsorption using several
agricultural solid wastes, and readers are encouraged to go through this review article.

Adsorption isotherm studies are crucial for understanding the mechanisms of adsorp-
tion and for finding the maximum adsorption capacity of the adsorbent. Several adsorption
isotherm models have been reported in the literature, such as the Langmuir, Freundlich,
Redlich–Peterson, Tempkin, and Toth isotherm models. Of these isotherm models, the
Freundlich 1906 [36] and Langmuir (1918) [37] models have been widely used in the evalu-
ation of the adsorption process. From this research, readers are encouraged to go through
the review article by Afreza and Sen [3], where the applicability of various isotherm mod-
els on the batch heavy metal adsorption process using wide ranges of agricultural solid
waste-based adsorbents have been reported.

The adsorption process depends on the nature and the types of the adsorbent and
adsorbate characteristics. The adsorbate characteristics, such as molecular weight, structure,
size, charge, and solution concentration, and the adsorbent characteristics, such as particle
size, surface area, surface charge, and surface functional groups are all responsible for
effective adsorption [22,38]. Apart from these adsorbent-adsorbate characteristics, many
physicochemical process parameters, such as the initial metal ion concentration, adsorbent
dosage, contact time, solution pH, temperature, and salt concentration all significantly affect
the adsorption process [3,4,27]. In the adsorptive separation process, four commonly used
important adsorbents are activated carbon, zeolites or molecular sieves, natural inorganic
clay minerals, silica gel, and activated alumina [39,40]. However, commercial activated
carbon (CAC) is most used in the water and wastewater treatment industry due to its large
porous structure, large surface area, high capacity, and the hydrophobic nature of activated
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carbon [3,12,38]. But coal-based CAC is costly and possesses significant regeneration
issues. Therefore, the current focus of research has been shifted towards the use of various
carbonaceous, lignocellulosic, and agricultural by-product solid wastes, such as fruit and
vegetable wastes, leaves, seeds, tree waste, fibres, fruit peels, dates, sawdust, bark, etc.,
for the development of an effective adsorbent alternative to costly coal-based activated
carbon. Agricultural biomasses materials, like the shells of wheat, orange peels, sunflower
leaves, biochar from plant residues, activated carbon from plant residues, wood waste,
bark residues, fruit wastes, and manures have been successfully used in heavy metal ion
removal from water by adsorption [31]. Figure 2 shows a few agricultural by-products that
are cost-effective, and function as alternative adsorbents that can be used in the adsorption
of heavy metal ions.
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Modified agricultural solid waste has been widely used as an effective adsorbent in
the removal of various contaminations from wastewater, and this has ben attributed to
their surface properties improvements. Raw biomass can be modified using acids, such
as hydrochloric, phosphoric, sulfuric, nitric, citric acids etc., or alkaline solutions, such as
sodium hydroxide, potassium hydroxide, zinc chloride, calcium chloride, ammonia etc., or
cross-linked with other materials [3]. Chemical treatment removes natural fats, waxes, and
low-molecular-weight lignin compounds from agricultural adsorbent surfaces. In recent
years, the production of activated carbon, biochar, and charcoal from agricultural solid
residuals is emerging as an alternative and cost-effective adsorbent with a high selectivity,
porosity, and surface area, and these waste materials have naturally been available in
large quantities, requires less processing time, are a renewable source, and have little or
no commercial value [3,31]. Biochar is produced via the pyrolysis of biomass residues.
The production and properties of these valuable adsorbents depend on the production
and treatment methods, which are presented in Figure 3. Figure 4 shows a flowchart for
the overall adsorption process for the removal of inorganic/organic compounds using
agricultural wastes as adsorbents under various physicochemical process conditions.

85



Molecules 2023, 28, 5575

Molecules 2023, 28, x FOR PEER REVIEW  5  of  22 
 

 

solid  residuals  is  emerging  as  an  alternative  and  cost-effective  adsorbent with  a high 

selectivity,  porosity,  and  surface  area,  and  these waste materials  have  naturally  been 

available in  large quantities, requires less processing time, are a renewable source, and 

have little or no commercial value [3,31]. Biochar is produced via the pyrolysis of biomass 

residues.  The  production  and  properties  of  these  valuable  adsorbents  depend  on  the 

production and  treatment methods, which are presented  in Figure 3. Figure 4 shows a 

flowchart  for  the  overall  adsorption  process  for  the  removal  of  inorganic/organic 

compounds  using  agricultural  wastes  as  adsorbents  under  various  physicochemical 

process conditions. 

 

Figure 3. Various treatments of adsorbent materials. 

 

Figure 3. Various treatments of adsorbent materials.

Molecules 2023, 28, x FOR PEER REVIEW  5  of  22 
 

 

solid  residuals  is  emerging  as  an  alternative  and  cost-effective  adsorbent with  a high 

selectivity,  porosity,  and  surface  area,  and  these waste materials  have  naturally  been 

available in  large quantities, requires less processing time, are a renewable source, and 

have little or no commercial value [3,31]. Biochar is produced via the pyrolysis of biomass 

residues.  The  production  and  properties  of  these  valuable  adsorbents  depend  on  the 

production and  treatment methods, which are presented  in Figure 3. Figure 4 shows a 

flowchart  for  the  overall  adsorption  process  for  the  removal  of  inorganic/organic 

compounds  using  agricultural  wastes  as  adsorbents  under  various  physicochemical 

process conditions. 

 

Figure 3. Various treatments of adsorbent materials. 

 

Figure 4. A flowchart presenting the overall adsorption process for pollutant removal from waste
water. Source: taken from Ogunlalu et al. [31] with written permission.

In recent times, these agricultural by-products have raised environmental awareness
about their safe disposal, and therefore any kind of their utilisation is considered as a
win-win situation for effective solid waste management as well. Hence, this review article
will provide a comprehensive compilation of all the up-to-date developments of the current
state of knowledge on various batch adsorption results using a wide range of raw and
modified agricultural solid waste adsorbents in the removal of heavy metal ions from
water and wastewater. The significance of this review is not only the compilation and
up-to-date developments of the current state of knowledge, but also the critical analysis
of the recent research articles that have been published in the directions of agricultural
solid waste and modified agricultural solid waste adsorbents. In this review, we have
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also reported and compiled the various batch heavy metal ion adsorption results under
various physicochemical process parameters. Therefore, the structure of this review article
began with a general introduction section comprising heavy metal ion water pollution and
their sources, toxicity, and treatment methods. Emphasis has been given to agricultural
by-product-based adsorbents for the removal of aqueous phase heavy metal ions through
adsorption under various process conditions. Finally, the knowledge gap between the
future perspectives and the future directions have been presented.

2. Characteristics of the Role of Adsorbents and Agricultural Waste-Based Adsorbents
in Heavy Metal Adsorption

The current research has primarily been driven towards using lignocelluloses, and
carbonaceous, agricultural, and forest-based adsorbents for water decontamination, in-
cluding metal decontamination using an adsorption alternative to the costly CAC. These
materials are available locally in large quantities and are almost priceless, with a mini-
mum pre-treatment cost for improvements in terms of their effectiveness, efficiency, and
environmental friendliness, and are an alternative adsorbent to the costly CAC. Further,
agricultural solid waste adsorbent materials require minimal pre-treatment operations,
such as washing, drying, grinding, or minor chemical treatments [42]. The adsorption
capacity of an adsorbent plays a vital role in the selection of effective adsorbents in the
removal of aqueous phase pollutants, which is either determined experimentally or theoret-
ically using various isotherms and kinetic models. The metal adsorption at the solid/liquid
interface is highly dependent on many physicochemical process parameters, such as metal
ion concentration, solution pH, temperature, adsorbent dose etc., and hence the adsorption
capacity was discussed and reviewed in the next section. For example, Gumus et al. [43]
reported that the leaf biomass of Laurus nobilis is an effective adsorbent in the removal of
Cd2+, Cu2+, Pb2+, and Zn2+ toxic metal ions from its aqueous solution and strong func-
tions of temperature and solution pH with the adsorption capacity as the pH increases.
A theoretical maximum Cr6+ adsorption capacity of 70.49 mg/g for data palm empty
fruit bunch biomass was obtained at an optimum solution pH of 2 and a temperature of
30 ◦C [44]. Rice bran and rice straw adsorbents were successfully used to remove aqueous
phase Cu2+ metal ions and their reported maximum adsorbent capacities were found to be
21 mg/g and 18.4 mg/g, respectively [45]. Similarly, the metal ions Pb2+ and Cr6+ were
also effectively removed from water using the peanut shell residue adsorbent [46,47]. The
same peanut shell residue biomass was effectively used to remove the aqueous phase
from the Cr3+, Cu2+, and Pb2+ ions with an adsorption capacity of 7.7 mg/g, 10.2 mg/g,
and 29.1 mg/g, respectively [48]. Afroze et al. [49] successfully developed a eucalyptus
bark-based adsorbent for the removal of heavy metal ions from water. Ahmed and Dan-
ish [50] reviewed the raw and treated avocado waste-based effective adsorbents used in
heavy metal ion removal under various conditions. Anastopoulos et al. [51] reviewed
and compiled various coffee adsorbents, such as coffee grounds, coffee residues, spent
coffee grains, and coffee husks in the removal of aqueous phase heavy metal ions under
various experimental conditions. Hence, while a large number of reported metal adsorption
results through various raw or treated/modified agricultural solid waste-based processes
have been deemed as effective, cost-effective alternative adsorbents include fruit wastes,
such as lemon peel [52], durian peel [53], banana peel, Kuwai peel [54], raw pomegranate
peel [55], watermelon shell [56], and coconut coir [57], along with various tree leaves, such
as Artocarpus odoratissimus leaves [58], and Colocation esculenta leaves [59]. All these articles
have also reported on the effects of various factors on heavy metal ion adsorption kinetics
and equilibrium adsorption by agricultural wastes and their maximum adsorption capacity.
Raw and chemically activated various agricultural wastes, such as jackfruit, rice husk,
pecan shell, bamboo, pine leaves, pinecone, eucalyptus bark, hazelnut shell, maize cob
or husk, castor hull etc., are also reported effective adsorbents in the removal of aqueous
phase heavy metal ions [3,31]. There are a couple of reported review articles available in the
literature, such as those by Ahmed and Danesh, [50]; Saukat et al. [42]; Ogunlalu et al. [31];
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Afroze and Sen; [3]; and Sulyman et al. [60] on aqueous phase heavy metal ion removal
through selective agricultural solid waste-derived adsorbents. Their maximum adsorbent
capacities have been reported, and readers are encouraged to go through these articles.
Table 1 presents the compilation of various reported results on the maximum adsorption
capacity of various agricultural by-products in the removal of heavy metals from water
during the last 10-year period of 2012–2022.

Table 1. Adsorption capacities qm (mg/g) of several recently reported raw and modified agricultural
waste materials for heavy metal ion adsorption.

Agricultural By-Products Raw and
Modified/Treated Adsorbents

Adsorbate Heavy Metal
Ions

Maximum Monolayer Adsorption
Capacity, qmax (mg/g), at Optimum

Process Conditions
References

Avocado seed Cr (VI) 35.5 Ahmet and Danish [50]; Rangel et al. [61]

Jackfruit peels
Cu2+

Pb2+

Cd2+

Mn2+

17.5
10.1
20

76.9
Ibrahim et al. [62]; Ayob et al. [63]

Data palm empty fruit bunch Cr6+ 70.49 Rambabu et al. [44]

Pineapple peel Cr6+ 40 Shakya et al. [64], Yousef et al. [65]

Canola seeds Pb2+

Cd2+
44.25
52.36 Affonso et al. [66]; Ayob et al. [63]

Laurus nobilis leaves
Cu2+

Pb2+

Cd2+

Zn2+

6.04
96.15

8.6
8.74

Gumus et al. [43]; Ogunlalu et al. [31]

Vigna radiata husk biomass
Cu2+

Co2+

Ni2+

11.05
15.04
19.88

Naseem et al. [67]

Coffee pulp Cr6+ 13.48 Ayob et al. [63]

Cajanus cajan Husk Cd2+ 42.16 Devani et al. [68]; Sazali et al. [69]

Orange peel Cd2+ 170.3 Chen et al. [70]

Litchi peel Cd2+ 230.5 Chen et al. [70]

Date seed biochar Ni2+ 19.54 Mahdi et al. [71]

Avocado peel Pb (II)
Ni (II)

4.93
9.82 Ahmet and Danish [50]; Mallampati, [72]

Modified peanut shell Hg(II) 30.72 Sulyman et al. [60]

Coconut husk
Cu2+

Ni2+

Pb2+

Zn2+

443.0
404.5
362.2
338.0

Malik and Dahiya [73]

Orange peel Pb (II) 204 Sulyman et al. [60]

Banana peels
Cu2+

Ni2+

Pb2+

14.3
27.4
34.5

Thuan et al. [74]; Ayob et al. [63]

Corn straw Cd2+

Pb2+
38.91
28.99

Chi et al. [75], Yousef et al. [65], Yan et al.
[76]

Pomegranate peel Cu2+ 30.12 Ben-Ali et al. [55]

Modified activated bamboo Cd2+ 202.55 Zhang et al. [77]; Sazali et al. [69]

Orange peel Cu2+ 63.3 Guiza [78]

Flax fiber tows
Cu2+

Pb2+

Zn2+

9.92
10.74

8.4
Abbar et al. [79]

Eucalyptus bark Zn (II) 131.6 Afroze et al. [49]

Banana peel Cd2+

Pb2+
5.71
2.18 Gisi et al. [5]

Sweet potato peel Pb2+ 18 Asuquo et al. [80]

88



Molecules 2023, 28, 5575

Table 1. Cont.

Agricultural By-Products Raw and
Modified/Treated Adsorbents

Adsorbate Heavy Metal
Ions

Maximum Monolayer Adsorption
Capacity, qmax (mg/g), at Optimum

Process Conditions
References

Peanut husk Ni2+ 56.82 Abdelfattah et al. [81]

Orange peel Hg2+ 7.46 Chinyelu [82]

Tomato leaf Ni (II) 58.8 Gutha et al. [83]

Rapeseed waste Zn (II) 13.9 Paduraru et al. [84]

Jackfruit leaf Ni (II) 11.5 Boruah et al. [85]

Sorghum hulls Cu2+ 148.93 Imaga, Abia et al. [86]

Coffee residues Pb2+, Zn2+ 9.7 (Pb2+), 4.4 (Zn2+) Wu, Kuo et al. [28], Utomo and Hunter [87]

Modified Okra biomass Cu2+, Zn2+, Cd2+, Pb2+ 72.72 (Cu2+), 57.11 (Zn2+),
121.51 (Cd2+), 273.97 (Pb2+)

Singha and Guleria [88]

Sugarcane bagasse Mn2+ 0.423 Anastopoulos et al. [51]

Sugarcane bagasse Cd2+ 0.955 Moubarik and Grimi [89],
Anastopoulos et al. [51]

Peanut shell Pb2+ 39 Tasar et al. [47]

Pistachio hull waste Hg2+ 48.78 Rajamohan [90]

Coconut tree sawdust
Cu (II)
Pb (II)
Zn (II)

3.9
25.0
23.8

Putra et al. [91]

Modified rice husk Hg2+ 89 Song et al. [92], Yousef et al. [65]

Modified Sugarcane bagasse Cu2+ 30.9 Rana et al. [17]

Garcinia cambogia plants As 704.11 Gautam et al. [93]

Oryza sativa plants Cd2+ 20.70 Gautam et al. [93]

Corn stover Cr2+ 84 Gautam et al. [93]

Palm tree branches Cr+4 157 Guat et al. [2]

Egyptian mandarin peel (raw) Hg2+ 19.01 Husein et al. [94]; Gisi et al. [5]

Raw sugarcane bagasse Hg2+ 35.71 Khovamzadeh et al. [95];
Anastopoulos et al. [51]

Orange peel Cu2+, Pb2+, Zn2+ 70.73 (Cu2+), 209.8 (Pb2+) and
56.18 (Zn2+)

Feng and Guo [16] Gomez-Al [96]

Barley straw (raw) Cu2+ 4.64 Gisi et al. [5]

Garden grass (raw) Pb2+ 58.34 Gisi et al. [5]

The effectiveness and adsorbent capacity depend on the adsorbent’s size, shape,
and morphological and chemical structure, including surface characteristics such as the
surface area, pore volume, point of zero charge (pHpzc), bulk density, and the presence of
surface functional groups [49,97]. The presence of surface functional groups in agricultural
by-product adsorbent surfaces, such as carbonyl, phenolic, acetamido, alcoholic, amino
groups etc., undergo strong interactions with heavy metal ions under physicochemical
process conditions to form metal complexes or chelates. Adsorption is a reaction, and the
rate of adsorption increases with the adsorbent surface area, shape, and surface charge,
respectively. Table 2 represents the effects of various adsorbent characteristic parameters on
heavy metal ion adsorption from some of the more recently published research articles [3].
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3. Batch Metal Ion Adsorption by Agricultural Solid Waste Biomass Adsorbents under
Various Physicochemical Process Parameters

In this section, the effects of the important process parameters, such as metal ion
concentration, contact time, adsorbent load, pH, and temperature on the adsorbent capacity
towards metal ion adsorption has been reviewed and discussed below. The identification
and optimisation of these process parameters were generally determined through batch
adsorption studies prior to pilot-scale continuous adsorption operation.

3.1. The Effects of the Initial Metal Ion Concentration and the Contact Time

To understand the adsorbate load and their optimum load concentration, a wide range
of initial adsorbate metal ion concentrations has been examined across various reported
batch adsorption studies [3,104]. Generally, with the increase in the initial adsorbate heavy
metal ion concentration, the percentage removal efficiency of the carbon-based adsorbents
initially increased up to a certain level and then decreased [20,105,106]. A higher solute
concentration increases the competition due to the presence of excess solutes in the system
to adhere with an adsorbent surface, which subsequently reduces the overall removal
efficiency of the system [4,27,49,100,107]. The adsorbate or solute offers the driving force in
terms of the concentration gradient to overcome the mass transfer resistance. Increasing the
initial adsorbate concentration leads to the decrease in the percentage of adsorbate metal
removal and an increase in the amount of heavy metal ions adsorbed per gram of adsorbent
(qt). At lower concentration ranges, the available adsorbent sites are occupied by adsorbate
molecules and hence increase the adsorption capacity [49]. Sometimes the adsorption pro-
cess slows down due to the steric repulsion between the solute molecules [108]. Generally,
the higher percentage of heavy metal removal decreases with the metal ion concentration;
in this research direction, readers are encouraged to go through these various recently
reported review articles [3,11,20,69,104]. The percentage removal of Zn2+ metal ions by the
sorghum hull adsorbent was found to have decreased from 50.98% to 12.8% for the metal
ion concentration range of 10–50 mg/L, respectively [86]. With the increase in the initial
metal ion concentration from 25 to 150 mg/L, the percentage of adsorption of the rice husk
decreased from 90.8% to 60.85% for Cr2+, 96.12% to 65.42% for Pb2+, and from 94.36% to
66.83% for Zn2+, respectively [20,109]. Similarly, it was reported by Ding et al. [110] that
the maximum hickory wood biochar adsorbent capacity for the Cd2+, Zn2+, Ni2+, and Cu2+

metal ions was increased with the metal ion concentrations of 2–100 mg/L, respectively [7].
Yargic et al. [111] reported on the batch Cu2+ adsorption studies by the chemically-treated
tomato waste where the percentage of metal ion removal decreased with the increase in the
initial metal ion concentration, and the adsorbed amount of metal (qe) per gram of adsor-
bent increased with the initial metal ion concentration. Similarly, Kilic et al. [112] presented
the variation between the adsorptive capacities of Ni2+ and Co2+, qe (mg/g), by almond
shell biochar with the Ni2+ and Co2+ metal ion concentration ranges of 50–150 ppm and
100–200 ppm, respectively, under various temperatures, which are presented in Figure 5.
As shown in Figure 5, the metal ion adsorption increased with time and followed the three
step process with an initial fast reaction rate period followed by a slow rate, ending with
the attainment of an equilibrium stage at 240 min [112]. A further amount of metal ion
adsorption (qe (mg/g)) was increased with the increased temperature, which is also shown
in Figure 5. The adsorption capacity of the Hass avocado shell (HAS) adsorbent for Ni2+

increased from 5.63 to 107.26 mg per gram, respectively, with the increase in the metal ion
concentration [50].

Generally, the percentage removal of aqueous phase pollutants by initial adsorption
increases with the contact time, and then slowly reaches a steady-state saturation level. It
may present in the form of either a two-stage or multistage adsorption process [3,4,14,49,63].
Therefore, adsorption kinetic studies are important for obtaining crucial knowledge on the
speed of the reaction and the equilibrium time for maximum adsorption achievement, as
well as to know the kinetic parameters required for the adsorber design.
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respectively. Source: taken from [112] with written permission.

3.2. Effects of the Adsorbent Dose

For the successful design, development, and scale-up of a continuous adsorption
column, the knowledge of the adsorption capacity of the adsorbent is essential. The effect
of an adsorbent dose on heavy metal adsorption in a solution indicates its adsorption
capacity, which also depends on the available active sites on the adsorbent’s surface for
adsorption [63,97]. In general, the adsorption capacity qe (mg/g) decreases with the increase
in the adsorbent dose, whereas the percentage removal of metal ions increases along with
the increase in the adsorbent dose [97,113]. A high adsorption capacity indicates that the
adsorption process is running with a lower adsorbent dose/load. At higher adsorbent
doses, there are maximum available active sites for adsorption and hence higher percentage
removals of the adsorptive metal ions takes place at higher adsorbent dosages [3]. However,
with a lower adsorption capacity, the removal percentage of pollutants increases rapidly
and then slows down as the dose is reduced [50,114]. Much of the information presented
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in the literature supports these findings, such as Kılıç et al. [112], who reported from their
batch adsorption study that the percentage adsorptive removal of the Ni2+ and Co2+ metal
ions by the almond shell biochar increased from 10% to 38%, and from 25% to 50%, with
the increase in the adsorbent doses from 1 to 10 g/L, respectively. In contrast, Ni2+ and
Co2+ adsorbent’s capacities, qe (mg/g), were decreased from 10 mg/g to 3 mg/g, and from
24 mg/g to 7 mg/g, respectively, for which their results are presented in Figure 6.
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Figure 6. Effects of the solution pH and adsorbent dosages on Ni2+ and Co2+ adsorption. Source:
taken from Kilic et al. [112] with written permission.

Afroze et al. [49] also reported similar results for Zn2+ adsorption by modified euca-
lyptus sheathiana bark biomass, and it was found that their adsorbent capacity, qe (mg/g),
decreased from 72.52 mg g−1 to 17.57 mg g−1 with the increase in the adsorbent doses from
0.01 g to 0.03 g, respectively [4]. There are also a few reported results on the same trends,
i.e., with increases in the adsorbent dose accompanied with a decrease in the percentage of
metal adsorption [115]. Imran-Shaukat et al. [42] reviewed and presented a compilation
list on the variation of the adsorptive capacities of various amounts/loads of different
agricultural biomass groups (such as bark, husk, leaves, peels, seeds, and straw) towards
heavy metal ion (including Cd2+, Co2+, Cr2+, Cu2+, Mn2+, Ni2+, Pb2+, and Zn2+) adsorption,
and critically analysed their comparative results at high, medium, and low adsorbent doses.
When the amount of adsorbent mass in a fixed-volume solution is below the optimum
value, the removal of metal ions is also low due to the lower number of available active
sites for adsorption [69]. Table 3 presents an updated compilation of the selected reported
results on the effect of adsorbent dosage in the removal of aqueous phase heavy metals
using agricultural waste biomass during the last 10-year period [3].
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Table 3. The selected reported list on the effect of changes in the adsorbent dosages on the percentage
of adsorptive metal ion removal using several agricultural wastes as adsorbents during the last
10-year period.

Adsorbents Adsorbates (Heavy Metals) Adsorbent Dosage Trend on Percentage (%)
Removal Range References

Brassica campestris
agricultural waste

Ni2+, Pb2+

Cr6+ 0.2–1 g/L
Increase Shaikh et al. [116]

Mango kernel
(bio-composite) Cr (VI) 0.05–0.3 g/L Decrease Akram et al. [117]

Bagasse (activated) Cr 0.5–1.5 g/L Increase Olayebi et al. [118]
Croncob (activate) Cr 0.5–2.4 g/L Increase Olayebi et al. [118]
Bagasse (activated) Fe3+

0.5–2.5 g/L Increase Olayebi et al. [118]
Croncob (activated) Fe3+ Increase Olayebi et al. [118]

Banana peel
biochar Pb2+ 0.5–3.0 g/L

0.01–0.2 g/L Increase Zhou et al. [119]

Eucalyptus sheathiana bark Zn2+ 0.01–0.03 g Decrease Afroze et al. [49]

Bagasse pith (sulphurised
activated carbon) Zn2+ 0.5–8 g L−1 Increase Krishnan et al. [102]

Jackfruit leaf powder Ni2+ 1–5 g L−1 Decrease Boruah et al. [85]

Sugarcane bagasse
(sulphuric acid-treated) Cu2+ 0.5–2 gm/100 mL Increase Rana et al. [17]

Grapefruit peel Cd2+, Ni2+ 1–4 g L−1 Increase Torab-mostaedi et al. [120]

Tamarind fruit shell Ni2+ 0.01–0.08 g/10 mL 20–90 Pandharipande and
kalnaka [121]

Almond shell biocar Ni2+

Cd2+
0.1–10 g/L
0.1–10 g/L Increase Kilic et al. [112

Rice husk Pb2+, Cd2+

Cu2+, Ni2+ 0.02–0.06 g/L Increase
Increase Hegazi [122]

3.3. Influential Effect of the Solution pH

The variation of solution pH plays a major role in changing the adsorbent surface
charges, degree of ionisation, and metal speciation in solution, and hence causes changes
to the adsorption capacity during the adsorption process [98,123]. Therefore, changes in
the solution pH facilitate the adsorbent site dissociation and adsorbate solution chemistry,
such as hydrolysis, surface complex formation, redox reactions, and precipitation, which
are all strongly influenced by the pH [124]. The protonation and deprotonation of both
functional groups in the adsorbent and adsorbate compound will produce different surface
charges/zeta potential in the solution depending on the system’s pH [125]. Adsorbent
capacity depends on its point of zero charge (pHpzc), and hence the surface charge. The
point of zero charge (pzc) or the isoelectric point (iep) is defined as a particular pH where
the surface charge becomes zero, i.e., where the extent of the adsorption of the positively
charged species equals that of the negatively charged species. The point of zero charge
(pHpz) of various raw, treated, or modified agricultural biomass-based adsorbents was
determined by many investigators to obtain a better understanding of the adsorptive
removal mechanism [49,126–128]. Generally, at lower acidic solutions, where pH < pHpzc,
the adsorbent surface becomes positively charged and hence less metal cation adsorption
takes place due to electrostatic repulsion between the positive cations and the positive
surface-binding sites. Whereas, at pH > pHpzc, the surface becomes negatively charged
and favours metal cation adsorption. However, at a higher basic pH, metal complex
formation occurs resulting in precipitative separation instead of adsorptive metal ion
separation [60]. For example, at a solution pH < 6.0, Pb (NO3)2 in solution predominately
exists as Pb2+ ions. Meanwhile, with an increasing solution pH, for example at pH =
8, Pb (OH)+ formation occurs, and at pH = 11, it will precipitate as Pb (OH)2 [49,129].
Therefore, cationic species adsorption is favoured at pH > pHpzc due to the presence
of the functional groups, such as the OH−, and COO− groups, while anionic adsorbate
adsorption is favoured at pH < pHpzc due to the presence of H+ ions [113,130]. An electrical
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double layer at the solid/liquid interface is formed by the adsorbing counter ions from
the aqueous solution to its adsorbent surface. Overall, the adsorbent surface functional
groups/surface charges and the chemical nature of adsorbates at a solution pH strongly
influence the adsorption behaviour and capacity. In their review article, Ahmad and
Danish [50] mentioned that Mallampati et al. [72,131] reported the results of the solution
pH effect on the adsorptive removal of the aqueous phase Pb2+, Ni2+, and Cr2O7

2− ions
with the avocado peel adsorbent. They found that the percentage removal of the cationic
Pb2+ and Ni2+ adsorption was increased with the increase in the solution pH, whereas
the adsorption of anionic Cr2O7

2− was decreased with the same increasing solution pH.
Abbar et al. [79] presented the batch adsorption experimental results on the effects of the
solution pH on Cu2+, Ni2+, and Zn2+ adsorption by the flax fibre tows (FFTs) adsorbent
in the solution pH range from 1.6 to 8.5, respectively, for all metal ions. To investigate
the effects of the solution pH on metal ion precipitation, Abbar et al. [79] presented the
experimental results without adsorbent. It was found that the percentage removal of all
three metal cations increased with the solution pH and attained a maximum value at an
optimum pH, and thereafter decreased with the further increase in the solution pH. The
maximum percentage removal of the Pb2+ and Cu2+ ions occurred in the solution pH range
of 4–6, whereas for Zn2+ metal ions, the maximum values were observed at the solution
pH of 7, respectively. At a higher pH, lead, copper, and zinc metal ions precipitate as
hydroxides and reduce the rate of adsorption and hence reduce their removal capacity as
well [79]. Similarly, Kilic et al. [112] reported that the amount of Ni2+ and Co2+ adsorption,
qe (mg/g), by the almond shell biochar was increased from solution pH 2 to 6, and then
decreased with the increasing solution pH, as shown in Figure 6. The deprotonation of
the agricultural solid waste-based adsorbent typically takes place at a solution pH higher
than pHzpc, and the surface becomes more negatively charged due to the presence of the
stretching hydroxyl (–OH) and carboxyl (–COOH) functional groups [4]. Therefore, more
adsorption of the cationic metal ions takes place mainly through the electrostatic force of
attraction mechanism. Dawood and Sen [4], reported a similar trend in Ni2+ adsorption
using the pinecone biochar adsorbent. At a low solution, the pH tends to decrease the
adsorption capacity of the cations onto the adsorbent due to the presence of hydronium
(H3O+) ions competing with the cationic metal ions for the available adsorption sites [7],
accompanied with the fact that similar charges repel each other [50]. However, a lower,
acidic solution pH favours anionic ion adsorption more, and this is because of the positively
charged adsorbent surface and the opposite counter anions adsorption mechanism.

3.4. Effects of the Temperature and Thermodynamics of Adsorption

Temperature plays an important role in the adsorption of metal ions associated with
the thermodynamics of the adsorption process. Temperature was found to be another
significant physiochemical process parameter that influences the adsorption/biosorption
mechanism and hence the equilibrium adsorbent capacity [3,42,132]. Different metal ions
and different adsorbents have different responses to the system’s temperature [7,42,133].
Temperature induces various changes in the thermodynamic parameters, such as changes
in the Gibb’s free energy (∆G0), enthalpy (∆H0), and entropy (∆S0), for the heavy metal ion
adsorption by the agricultural solid waste-based adsorbents, which can be determined by
the following two equations [134]:

∆G0 = ∆H0 − T∆S0

and

log
(

1000
qe

Ce

)
=

∆S0

2.303R
+

−∆H0

2.303RT

where qe is the amount of metal ion adsorbed per unit mass adsorbent (mg/g), Ce is the
equilibrium concentration (mg/L), T is the temperature in K, and R is the universal gas
constant (8.314 J/molK).
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Shaukat et al. [42] recently reviewed and reported the temperature effects on the
agricultural waste biomass adsorption efficiency for various heavy metal ions under three
temperature levels: high: 45 ◦C < x ≤ 60 ◦C, medium: 30 ◦C < x ≤ 45 ◦C, and low:
20 ◦C ≤ x ≤ 30 ◦C, respectively. At low-temperature levels, the metal ion adsorption
increases in the order of Mn2+ > Pb2+ > Cu2+ > Cr6+ > Co2+ > Zn2+ > Ni2+ > Cd2+ and in
the order of Pb2+ > Cd2+ > Zn2+ at the medium level, respectively. Meanwhile, for the high
level of temperature, the order was Cd2+ > Pb2+ > Cr2+ > Cu2+. Temperature is an important
indicator of the exothermic or endothermic nature of the adsorption reaction process [135].
The solution viscosity is reduced with the increase in the solution’s temperature and hence
increases the diffusive transport of adsorbate species from the bulk phase to the solid/liquid
interface and through pore diffusion [136]. An increase in the adsorption capacity at higher
solution temperatures indicates the endothermic nature of the adsorption reaction due
an increase in the kinetic transport of adsorbate solutes and a higher diffusional rate [38].
However, a decrease in the adsorption capacity with an increase in the temperature indicates
that the reaction has become exothermic, and this is due to the heat-induced decrease in
the attractive adsorptive forces between the adsorbate and the adsorbent’s surface [137].

The temperature effect on the agricultural adsorbent’s capacity depends on the surface
functional groups [138]. They reviewed and reported the results of many studies, such as
mango leaf powder [139], rice husk [139], orange peel [140], and coconut shell [141]), which
were all found to increase the percentage adsorption of metal ions with the increase in the
temperature range (25–40 ◦C). In comparison, the adsorption of Cd2+ on the cashew nut
shell was decreased from 80.13% to 74.32% with the rise in temperature from 30 ◦C to 60 ◦C,
respectively. Many studies have also reported that metal ion uptake by some adsorbents is
reduced with an increasing temperature [133,142].

4. Future Perspectives and Future Challenges

To overcome the high costs of commercial activated carbon (CAC) and to overcome
the other operational issues that have been associated with the use of CAC as the adsorbent,
raw and modified agricultural biomass residue-based adsorbents have gained a significant
level of attention as an alternative, carbon-containing, easily accessible, and cost-effective
adsorbent in the removal of aqueous phase heavy metal ions with a high degree of binding
capacity. From the extensive literature review on adsorption-based wastewater treatment
technology, the following points presented are the challenges and future directions that
need to be addressed so that adsorption-based technology may be more effective and
popularize this technology for the future remediation of water pollution.

Overall economy: the overall economically feasible operation of an adsorption-based
treatment plant depends on many factors. Various costs associated with the operating costs,
fixed costs, including the installation cost, adsorbent pre-treatment/preparation costs, and
cost of adsorbent regeneration are all especially important for determining the feasibility of
the full process. Among them, the adsorbent cost alone, including its procession, is above
60% of the total operating cost. Therefore, the adsorbent material selection is crucial for
the adsorptive separation process. Various non-conventional solid waste-based adsorbents
may be an alternative, cost-effective solution to this process.

Industrial scale problems and lab-based experiments: due to the introduction of vari-
ous environmental protection laws and regulations, industries have imposed the discharge
of waste into the environment. However, industries sometimes discharge harmful chemical
waste at a higher than prescribed limit. Therefore, the industry always looks into some
low-cost technology like adsorption, and many industries have already adopted this tech-
nology. However, the effectiveness of this adsorption-based technology is mainly judged
using the laboratory-based batch adsorption results with limited continuous experimental
results. Therefore, more continuous adsorption operation results, if possible, along with
the pilot-scale results are required before commercial implementation.

Batch and continuous column analysis: based on the literature review over the last
two decades, it has been found that more than 80% of adsorption-based studies are of the
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batch scale. The challenge of adsorption-based studies lies here. These batch studies are
confined to various kinetics, isotherm, and thermodynamic analysis with a very small lab
scale. The batch-scale study results cannot be adopted directly for industrial use without
continuous operation. Several recent studies have come up with some lab or bench-scale
continuous studies of adsorption in a packed bed, fluidised bed, and semi-fluidised system
to help in the scale up of this process. More research is required in the field of continuous
adsorption systems and scale-up processes.

Adsorption modelling: For large-scale operation and process design adsorption mod-
elling, the procedure for the accurate estimation of various kinetic parameters, isotherm
models, and the thermodynamic parameters for the multicomponent system are essential.

Adsorbent regeneration and reuse: it has been mentioned previously in that the 60%
cost of an adsorption-based system depends on the cost of the adsorbent. Therefore, in
the age of sustainable development, adsorbent regeneration must be given significant
priority. To reduce waste production, secondary pollution, and operating costs, and to
make the overall technology more cost-effective for further reuse, regeneration of the loaded
adsorbents is an essential process. Moreover, the capture adsorbate must be recovered as
they may be valuable products or to aid in minimising secondary pollution. Hence, an
eco-friendly and low-cost alternative regeneration method must be developed to reduce
waste production and cost, as well as maximise the cycle number to use for a greater
number of times under industrial operations.

Process optimisation: in adsorption-based studies, process optimisation is required
under controlled conditions and for further applications in real-field situations. In most
cases, the actual process effluents are multicomponent and compete with the adsorbates.
The multicomponent systems always reduce the ideal adsorption capacity, meaning there-
fore that the modelling and optimisation of these multicomponent systems will be quite
complex.

5. Conclusions

Water pollution due to heavy metal ion contamination resulting from various sources,
including untreated industrial effluent discharge and agricultural activities, is of global con-
cern and to find out an efficient but sustainable and cost-effective remediation solution to
these important global problems imposes a challenging task on scientists, researchers, and
practising engineers. Among the various conventional remediation techniques, adsorption-
based separation technology is considered to be one of the most effective approaches
widely used in treating heavy metal contaminated water and wastewater due to its simple
operation, design simplicity, high separation efficiency, efficiency at lower pollutant concen-
trations, high selectivity at the molecular level, low energy consumption, ability to separate
multiple pollutant components, and minimize secondary pollution. This review article
presented a compilation of various scattered literature data along with the up-to-date devel-
opment batch metal cation adsorption results using a wide range of non-conventional and
cost-effective agricultural solid waste-based adsorbents under various process conditions.
It is clear from the present literature survey in that non-conventional raw or modified
agricultural solid waste-based adsorbents are emerging as effective, but low-cost adsor-
bents for heavy metal ions present decontamination problems. The utilisation of this large
amount of agricultural solid waste-based effective adsorbents in the water and wastewater
treatment industries is a sustainable and cost-effective pollution control option alternative
to the costly CAC adsorbents. The literature has also revealed that in some cases, the
modification of the adsorbent increased the removal efficiency of adsorption. The effective
metal removal efficiency from the aqueous phase mainly depends on the adsorbent’s char-
acteristics and various physicochemical process parameters. Therefore, this review article
was compiled to critically analyse the large batch adsorption results on heavy metal ion
adsorption by the wide ranges of agricultural solid waste-based adsorbents, specifically
the adsorbent’s characteristics, and under various influential process parameters, such as
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the initial adsorbate metal ion concentration, the initial solution pH, the adsorbent doses,
and the temperature, respectively.
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Abstract: Activated carbon can be applied to the treatment of wastewater loading with different
types of pollutants. In this paper, a kind of activated carbon in granular form (GAC) was utilized
to eliminate antibiotics from an aqueous solution, in which Tetracycline (TC), Thiamphenicol (THI),
and Sulfamethoxazole (SMZ) were selected as the testing pollutants. The specific surface area, total
pore volume, and micropore volume of GAC were 1059.011 m2/g, 0.625 cm3/g, and 0.488 cm3/g,
respectively. The sorption capacity of GAC towards TC, THI, and SMZ was evaluated based on
the adsorption kinetics and isotherm. It was found that the pseudo-second-order kinetic model
described the sorption of TC, THI, and SMZ on GAC better than the pseudo-first-order kinetic model.
According to the Langmuir isotherm model, the maximum adsorption capacity of GAC towards
TC, THI, and SMZ was calculated to be 17.02, 30.40, and 26.77 mg/g, respectively. Thermodynamic
parameters of ∆G0, ∆S0, and ∆H0 were obtained, indicating that all the sorptions were spontaneous
and exothermic in nature. These results provided a knowledge base on using activated carbon to
remove TC, THI, and SMZ from water.

Keywords: adsorption; antibiotics; activated carbon; water treatment

1. Introduction

Antibiotics can be used to kill or inhibit the growth of bacteria. Although antibiotics
are used in humans and animals, roughly 80% of their total usage is on livestock and poultry
for human consumption. Antibiotics are routinely added to the food and water of livestock
to promote growth and improve feed-use efficiency. In addition, antibiotics are injected
into animals when they are sick or at high risk of getting sick. According to recent sales
data of the world market, China is the biggest producer and user of antibiotics [1]. When
antibiotics are used, the organisms cannot absorb antibiotics fully, so they are released into
the environment in an active form [2]. In 2013 in China, more than 50 × 103 tons of antibi-
otics entered into aquifers, as stated in a report. The aquifers include the outflow of sewage
processing plants [3], drinking water, groundwater [4], rivers and lakes [5], and seawater.
Antibiotics have different half-lives, which some are long-lived [6], and their contagion
rates in the environment have increased over the years. In a water-based environment, an-
tibiotics are generally harmful, i.e., they prevent the ability to break down micro-organisms
deposits, destructs the development of marine organisms as well encourage maturation
in bacterial drug-opposing genetic codes [7]. Various research [8] have shown that any
contact with antibiotics (µg/L–mg/L) creates an adverse effect and influence on the lives
of water-based creatures, for example, the growth of their body and weight.
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The residual of these antibiotics in water-based items comes into the human body with
the help of the food chain and later mounts up via biological enhancement [9]. Since the
majority of antibiotics are cancerogenic, teratogenic, and mutagenic, along with creating
hormone-related issues, so using antibiotics causes serious interference with the anatomy
of humans and the immune system [7]. Antibiotics are obtaining the identification of rising
environmental contaminants, are classified as fractious bio-accumulative substances [10,11],
as well as are considered harmful and toxic chemicals.

The outflow of Municipal treatment plants and pharmaceutical manufacturing plants
are the basic sources of discharging antibiotics in water. According to Michael [12] and
Rizzo [13], the cities’ wastewater treatment plants are considered the main source of releas-
ing antibiotics into the environment. It is important to dispose of residues of antibiotics
before discharging wastewater into the environment. There is an urgent need for case
studies to provide a cheap solution for eliminating antibiotics. Sera Budi Verinda et al. used
ozonation to remove ciprofloxacin in wastewater, and the removal rate reached 83.5% [14];
Shang, K.F. et al. indicate that the combination of DBD plasma and PMS/PDS is an efficient
pretreatment method for bio-treatment of refractory SMX [15].

The adsorption process is [16] easy to plan and feasible to function. The adsorbent
should be a biomass adsorbent, such as agricultural waste, which is environmentally
friendly and economical [17]. The adsorption method is utilized to remove organic pol-
lutants from contaminated waters over the surface of the adsorbent [18]. Its application
to eliminating antibiotics for approximately 30 different compounds has been reported
so far [19]. The performance of adsorption processes is largely influenced by hydrogen
bonding and electrostatic interactions. Different adsorbent materials are used for the elim-
ination of antibiotics from the aqueous solution, for instance, clinoptilolite [20], soil [21],
different kinds of activated carbons [22–25], calcium phosphate materials, and core-shell
magnetic nanoparticles [26]. Compared with traditional adsorption materials, activated
carbon has excellent porosity, large specific surface area, low cost, and environmental
friendliness and is reported to be an effective adsorbent for eliminating trace pollutants [27].
Granular activated carbon is divided into stereotyped and unshaped particles. It is mainly
made of coconut shell, nut shell, and coal, which is refined through a series of production
processes. Its appearance is black amorphous particles; it has developed pore structure,
good adsorption performance, high mechanical strength, low cost, etc. Therefore, granu-
lar activated carbon is widely used in drinking water, industrial water, wine, waste gas
treatment, decolorization, desiccant, gas purification, and other fields [28,29].

At present, there is very little related research on antibiotics in wastewater through
activated carbon, In this paper, three different kinds of antibiotics, including tetracycline,
thiamphenicol, and sulfamethoxazole, were selected as the target pollutants, and a kind of
activated carbon in granular form was used as the adsorbent. The adsorption capacity and
mechanism were studied. This paper aimed to evaluate the removal efficiency of adsorption
technology in treating antibiotics-loading wastewater and to promote the application of
activated carbon in such a field.

2. Results and Discussion
2.1. Characterization of the Granular Activated Carbon

Figure 1A exhibits the outlook of GAC with an average length of 1–2 mm and diameter
of 1 mm. Nitrogen adsorption/desorption at 77 k for the granular activated carbon was
shown in Figure 1B, in which the GAC sample possessed a type I sorption isotherm. The
details of BET are shown in Table 1: These results demonstrated that GAC was of high
specific surface area and porous structure. In conclusion, this type of GAC might be an
ideal adsorbent for removing antibiotics from wastewater. In Figure 1A, the SEM image
of granular activated carbon shows that the external surface of GAC was multi-layer and
rigid, which helped to increase the specific surface area of granular activated carbon. The
measurement of zeta potential is a technique for calculating the surface charge of activated
carbon in a colloidal solution. The graph of activated carbon zeta potential in the solution
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was shown as a function of pH in Figure 1B. The graph shows that the surface charge of
activated carbon was linked with solution pH. The pHZPC zero-point charge of activated
carbon is 4.0, indicating the charge on the activated carbon surface was positive when
the solution pH was less than pHZPC while negative when the solution pH was greater
than pHZPC. It can be seen from Figure 1D that the infrared spectrum of GAC has a C-O
characteristic absorption peak near 1000 cm−1, a C=C characteristic absorption peak near
1600 cm−1, and an O-H stretching vibration peak near 3200 cm−1.
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Table 1. Shows the results of the BET.

BET Specific Surface
Area

Low Pressure (p/p0 < 0.1)
Adsorption Capacity

Hysteresis Loop
(p/p0 = 0.2) Total Pore Volume Micro Pore

Volume

1059.011 m2/g increased closed 0.625 cm3/g 0.488 cm3/g
micropores mesoporous

2.2. Effect of pH on GAC Adsorption

Under the conditions of environmental conditions of 25 ◦C, the antibiotic concentration
of 25 mg/L, GAC dosage of 8 g/L, TC adsorption time of 100 min, and THI and SMZ
adsorption time of 60 min: when the pH of the solution is 7, the effect of GAC on TC,
THI, and SMZ the best adsorption efficiencies are 91.76%, 96.34%, and 94.23%, respectively
(Figure 2).
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2.3. Effect of GAC Dosage on the Adsorption

Figure 3 shows the removal efficiency versus GAC dosage. When the GAC dosage
increased from 2 to 8 mg/g, all the removal efficiencies for the three antibiotics increased
remarkably and then slightly from 6 to 10 mg/g. A possible reason was that increased GAC
dosage increased the sorbent surface area, the number of sorption sites, and the contact
area increased [30–32]. Considering the removal efficiencies and economic benefits, this
study selected a GAC dosage of 4 mg/g as an optimum dosage.
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2.4. Determination of the Adsorption Equilibrium Time

For the measurement of equilibrium time, qt versus contact time (t) was represented
in Figure 3. During the adsorption of TC, it was seen that the value of qt increased quickly
within the first 30 min and then slightly from 30 to 100 min for all the initial concentrations.

The possible cause was that there were enough adsorption sites on the surface of
GAC during the initial stage of adsorption (0–30 min). As the contact time prolonged,
the adsorption sites provided by GAC became fewer and fewer. As a result, qt increased
slightly (30–100 min). In the case of SMZ, the value of qt increased significantly in the first
20 min, and from 20 to 60 min, the qt value increased slightly. Different from TC and SMT,
the adsorption process of THI was faster, in which after 10 min, no increase in the value
of qt was observed. Therefore, the equilibrium times for TC, SMT, and THI were set at
100 min, 60 min, and 10 min. In most cases, when the initial concentration of antibiotic
was low while the removal efficiency was high (Figure 4), the possible reason was that at
low concentrations, there are more available adsorbing sites for antibiotic molecules to
absorb onto.
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Figure 4. The pseudo-second-order kinetics for the adsorption of the three antibiotics on the GAC at
various initial concentrations.
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2.5. Sorption Kinetics

The pseudo-first-order and pseudo-second-order models were used to describe all the
data shown in Figure 3. The results are given in Table 2, in which Equations (1) and (2)
represent the mathematical formula of the two models.

ln(qe,exp − qt) = ln(qe,cal)− k1t (1)

t
qt

=
1

k2q2
e,cal

+
1

qe,cal
t (2)

where
qe,exp = adsorption amount in (mg/g) at equilibrium
qt = adsorption amount in (mg/g) at time t
k1 = rate constant of pseudo-first-order (min−1)
k2 = rate constant of pseudo-second-order [g/(mg min)].

Table 2. Parameters of the pseudo-first-order and pseudo-second-order kinetic models for the
sorption of the three antibiotics onto GAC at 25 ◦C.

Pseudo-First-Order Model Pseudo-Second-Order Model

Sorbate C0
(mg/L)

qe,exp
(mg/g)

qe,cal
(mg/g)

K1
(min−1) R2 qe,cal

(mg/g)
K2
[g/(min mg)]

K2q2
e,cal

[mg/(min g)] R2

TC 6.01 0.52 2.332 0.023 0.77 0.49 0.704 0.169 0.68
12.02 1.27 0.481 0.043 0.88 1.64 0.028 0.076 0.91
24.04 2.78 2.773 0.053 0.98 3.46 0.014 0.167 0.98
48.09 5.75 3.377 0.050 0.94 6.27 0.020 0.790 0.99

THI 7.12 0.79 15.7 0.109 0.73 0.80 5.14 3.306 1.00
10.68 1.24 14.11 0.100 0.74 1.25 2.39 3.740 1.00
17.81 2.13 12.23 0.091 0.76 2.14 2.65 12.158 1.00
35.62 4.35 10.51 0.096 0.75 4.37 1.54 29.409 1.00

SMZ 6.33 0.63 4.57 0.021 0.78 0.65 0.811 0.349 0.99
12.66 1.42 3.38 0.027 0.77 1.46 0.482 1.033 0.99
25.32 3 1.11 0.038 0.84 3.10 0.185 1.781 0.99
50.65 6.16 1.58 0.074 0.95 6.4 0.78 31.948 0.99

Figure 4 shows the linearized graph of t/qt versus the time of pseudo-second-order
kinetic. Table 2 contains all the parameters of these two kinetic models. The value of R2

obtained from the pseudo-second-order model is given in Table 2, which is close to unity,
indicating that the pseudo-second-order kinetic model best fits the adsorption of antibiotics
on GAC. Furthermore, the experimental value of qe,exp in (mg/g) agreed with the calculated
value of qe,cal (mg/g). These results indicate that the rate of adsorption on GAC is controlled
by chemisorption. At the same time, valency forces with an exchange, or there might be
a sharing of the electrons in-between these four antibiotics and the GAC. According to
Table 2 primary initial adsorption rate K2q2

e,cal gradually increased with the concentration
of the primary four antibiotics, indicating that the greater value of concentration enhanced
driving forces that can help to overcome the barrier of mass transfer-resistance in between
the phases of solid and liquid.

Weber and Morris’s intraparticle diffusion model was utilized to analyze the experi-
mental data to determine the rate-limiting step during the adsorption process. All values
are shown in Table 2.

qt = kidt1/2 + I (3)

where
qt (mg/g) = the removal amount at time t and reaction equilibrium
kid (mg/g min1/2) = the particle diffusion rate constant
I (mg/g) = intercept, which gives the information about the boundary layer effect. If

the value of I is greater than the boundary layer has a greater effect.
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If the plot between qt versus t1/2 is linear, then intraparticle diffusion takes place.
When the plot also passes through the origin (I = 0), the rate-limiting is controlled by
intraparticle diffusion. If the plots showed deviation from linearity, then it indicates the
effect of the boundary layer. Figure 5 represents the plot of intraparticle for three antibiotics.
This was observed that during whole time plots, the linear portion could not pass through
the origin, indicating that both boundary layer and intraparticle diffusion occur during the
adsorption of antibiotics on GAC.
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In Table 3, the rate constant and intercept values are shown. The intercepts C of the
straight lines fitted by TC, THI, and SMZ are not 0, indicating that internal diffusion is not
the only step controlling the removal of antibiotics by GAC, and the adsorption rate should
be controlled by both external diffusion and intraparticle diffusion. According to Figure 5,
the plots of TC and SMZ have two different portions. Firstly, the steeper segment of the
plot depicts external surface adsorption, and the second portion, slow adsorption, shows
intraparticle diffusion.

Table 3. Intraparticle diffusion kinetic model parameters at 25 ◦C.

Intra-Particle Diffusion Model

Sorbate C0
(mg/L)

Kid1
(mg/g min1/2) I1 (mg/g) R2 Kid2

(mg/g min1/2) I2 (mg/g) R2

TC 6.01 0.13 −0.3 0.94 0.01 0.44 0.83
12.02 0.25 −0.29 0.93 0.01 1.10 0.58
24.04 0.47 −0.4 0.99 0.10 1.84 0.77
48.09 0.66 1.31 0.98 0.13 4.58 0.77

THI 7.12 0.00 0.75 0.70 —– —- —
10.68 0.01 1.17 0.85 —– —- —
17.81 0.01 2.06 0.75 —– —- —
35.62 0.01 4.23 0.79 —– —- —

SMZ 6.33 0.06 0.33 0.88 0.00 0.56 0.82
12.66 0.13 0.82 0.76 0.01 1.32 0.86
25.32 0.28 1.65 0.92 0.03 2.73 0.78
50.65 0.6 3.21 0.94 0.09 5.49 0.76

Boyd’s kinetic model was used to further examine the kinetic data to measure the
slowest step involved in the adsorption process.

F(t) = 1− (
6
π
)∑∞

n=1 (
1
n2 ) exp(−n2Bt) (4)

where
F(t) = qt/qe = ratio of the antibiotics adsorbed at time t and equilibrium;
Bt = function of F(t)
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If the F(t) value is higher than 0.85, then

Bt = 0.4977− ln(1− F(t)) (5)

If the F(t) value is less than 0.85, then

Bt =

(
√

π −
√

π −
(

π2F(t)
3

))2

(6)

As for the Boyd kinetic model, if the plot of Bt against t is linear and through the
origin, it suggests that intraparticle diffusion controls the process of mass transfer. The
sorption rate is controlled through film diffusion when the plot can be seen as nonlinear
or linear but does not go through the origin. Figure 6 illustrates the Boyd plots for the
three antibiotics on the GAC sample. The fact that Boyd plots were linear even though they
were unable to pass through the origin was noticed. These results indicate the information
regarding the fact that the major controlling process required for the adsorption procedure
was, nonetheless, diffusion with the layer at the border. Table 4 lists the parameters of the
Boyd kinetic model.
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Table 4. The Boyd kinetic model parameters at 25 ◦C.

Boyd Plot

Sorbate C0 (mg/L) Intercept R2

TC 6.01 −0.026 0.92
12.02 −0.344 0.97
24.04 −0.155 0.98
48.09 0.008 0.99

THI 7.12 2.640 1.00
10.68 1.700 0.97
17.81 2.870 0.96
35.62 3.220 0.94

SMZ 6.33 −0.168 0.97
12.66 0.206 0.89
25.32 −0.285 0.99
50.65 −0.262 0.99

2.6. Sorption Isotherm

The adsorption process can be defined as the process of mass transfer of adsorbate
at the boundary layer in-between the solid adsorbent and liquid phase. The adsorption
isotherm is defined as the equilibrium relationship between solid adsorbent and adsorbate
at a constant temperature. For example, the ratio between the amount of adsorbate absorbed
on the solid and the remaining amount left in the aqueous solution at equilibrium. There
are several adsorption isotherms models like Langmuir, Freundlich, and Temkin.
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Experimental data can be fitted using these models to examine the suitability of
the model. The information obtained from these models can be used for designing the
adsorption process. The parameters of adsorption isotherm normally estimate the sorption
ability of several adsorbents for specific adsorbates with predetermined reaction conditions.
The performance of the sorption process depends not only on the rate at which mass
transfer occurs but also on the sorbent–sorbate equilibrium concentration [33]. Three
different isotherm models, called the Langmuir [34], Freundlich [35], and Temkin [21,22],
were used. The mathematical formula of these isotherm models was shown as follows:

qe =
qmkLCe

1 + kLCe
(7)

qe = kFC1/n
e (8)

qe = B ln(kTCe) (9)

kL = constant from Langmuir (L/mg)
Ce = adsorbate residual concentration (mg/L)
qe = The amount of adsorbate per unit mass of sorbent (mg/g)
qm = The maximum sorption capacity (mg/g)
KF (mg/L(1−1/n) g) and n are constants of the Freundlich model
B is the Temkin constant of the sorption heat, and KT (1/mg) stands for the constant of

the Temkin isotherm.
Both Table 5 and Figure 7 show that the Langmuir model is best fitted to the experi-

mental data than Freundlich and Temkin. The calculated values of qmax from Langmuir
indicate that the maximum degree of adsorption capacity of the GAC sample to three
antibiotics has been following the trend: THI > SMZ > TC.

Table 5. Parameters of the isotherm models describing the sorption of antibiotics on GAC at 25 ◦C.

Sorbate Langmuir Freundlich Temkin

qm (mg/g) KL (L/mg) R2 KF
(mg/L(1−1/n) g) n R2 B KT R2

TC 17.02 0.154 0.93 2.28 1.2 0.93 1.944 4.093 0.88
THI 30.42 0.530 0.92 12.17 1.1 0.91 —– —- —-
SMZ 26.77 0.155 0.95 3.51 1.1 0.94 2.930 3.800 0.97
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In 1974, Weber and Chakkravorti explained the Langmuir isotherm. The formula is
given below.

RL =
1

1 + kLC0
(10)

where,
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kL = constant from Langmuir model (L/mg)
C0 = adsorbate initial concentration (mg/L)
RL is a separation factor that explains the nature of adsorption, and an explanation

of this is given in Tables 5 and 6. According to this formula, the value of RL in all this
experiment is 0 < RL < 1, which suggests the favorable nature of the adsorption of antibiotics.

Table 6. Separation factor.

Value of RL Adsorption Nature

0 < RL < 1 Favorable
RL = 0 Irreversible
RL = 1 Linear
RL > 1 Unfavorable

2.7. Adsorption Thermodynamics

The Gibbs free energy change (∆G0) is an indication of the spontaneity of a chemical
reaction and therefore is one of the most important criteria. It is calculated as follows:

∆G0 = −RT ln K (11)

where R is the universal gas constant (8.314 J/(molK)), T is the absolute temperature in (K),
and K is the thermodynamic equilibrium constant [36].

And
∆G0 = ∆H0 − T∆S0 (12)

After combining Equations (13) and (14), we get

LnKL =
−∆H0

R
× 1

T
+

∆S0

R
(13)

By constructing a plot of LnKL versus 1/T, from the intercept calculated the change in
entropy (∆S0) and by the slope, it is possible to calculate the change in enthalpy (∆H0) [37].

The value of KL is obtained from the Langmuir isotherm model. The value of KL is in
(L/mg) so first, convert it into (L/g) by multiplying 1000 and then multiply it by antibiotic
molecular mass. The value of KL then becomes dimensionless because, for measuring the
correct value of thermodynamics parameters, we need k in the dimensionless unit [38,39].

The thermodynamics parameters ∆G0, ∆H0, and ∆S0 are shown in Table 7, and also
plot between lnK versus 1/T is shown in Figure 8. The ∆G0 negative values verified
the process feasibility and the spontaneous nature of adsorption. As a rule of thumb,
the decrease in the negative value of ∆G0 with temperature increase indicates that the
adsorption at higher temperatures is more favorable. This may be possible because, with
the increase in temperature, the mobility of the adsorbate ion/molecule in the solution
increases, and the adsorbate affinity to the adsorbent is high. On the contrary, an increase in
the negative value of ∆G0 with an increase in temperature implies that lower temperature
facilitates adsorption.

Table 7. Thermodynamics parameters for the adsorption of three antibiotics on GAC.

Sorbate T0C lnK ∆G0 (kJ/mol) ∆H0 (kJ/mol) ∆S0 (kJ/mol K)

TC 15 11.522 −26.97
20 11.368 −27.67 −21.86 19.17
25 11.215 −27.89

THI 15 12.521 −29.98
20 12.412 −30.23 −33.58 −12.22
25 12.049 −29.85

SMZ 15 11.687 −27.98
20 11.132 −27.11 −81.39 −185.56
25 10.545 −26.12
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The negative value of enthalpy ∆H suggests that the sorption of three antibiotics
is exothermic in nature. The positive value of ∆S0 indicates high randomness at the
solid/liquid phase with some structural changes in the adsorbate and the adsorbent. The
negative value of ∆S0 suggests that the adsorption process is enthalpy driven. The negative
value of entropy change (∆S0) also means that the disorder of the solid/liquid interface
decreases during the adsorption process, resulting in the escape of adsorbed ions/molecules
from the solid. Therefore, the amount of adsorbate adsorbed will decrease.

K is the adsorption equilibrium constant of Langmuir isotherms. The value of k is in the
unit (L/mg). First, it converts it into (L/g) and then multiplies it by the molecular formula
of the antibiotic. Its value then becomes dimensionless, as we required a dimensionless
value of k for measuring the value of ∆G (Table 1).

2.8. Regeneration Experiments

Through regeneration experiments, it was found that the adsorption capacity of
granular activated carbon for TC, THI, and SMZ decreased with the increase in regeneration
times (Figure 9). At an ambient temperature of 25 ◦C, the initial concentration of antibiotics
was 25 mg/L, and the dosage of GAC was 8 g/L. The adsorption of TC on GAC reached
saturation after 60 min. The maximum adsorption efficiencies of initial GAC, 1 GAC
regeneration, and 5 regeneration GAC were 92.54%, 85.73%, and 62.14%. Under the same
conditions, the maximum adsorption efficiencies of initial GAC, 1-time regeneration GAC,
and 5-time regeneration GAC for THI and SMZ were: 96.32%, 32.33%; 91.23%, 85.21%;
70.26%, 50.19%, respectively. Compared with other adsorbents, such as attapulgite, granular
activated carbon has the characteristics of easy preparation and better regeneration [40].
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3. Materials and Methods
3.1. GAC Preparation

The Granular activated carbon used in these experiments was prepared using corn
Stover collected from Shaanxi agriculture Technology Company (Xi’an, China). First, this
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corn Stover was put 1 month for air drying. After, it was chopped into small pieces of
length nearly 5 cm and positioned inside an electrically operating container resistance
furnace (LNB4-13Y; Haozhuang Co., Ltd., Shanghai, China). Under a nitrogen atmosphere,
pieces of cornstalk were heated at 500 ◦C for 2 h and then 700 ◦C for 2 h.

Physical activation management was carried out in an activation furnace (HHL-1;
Huatong Co., Ltd., Zhengzhou, Henan, China) through superheated steam at elevated
temperatures (600 ◦C, 2.0 MPa) for 2 h to obtain the AC. The AC was also cleansed using
1.0 M HCl-HF (1:1, v/v) solution thrice and with ultrapure water a few times till the 7.0 pH
value was obtained. After washing, AC drying was carried out at a temperature of 100 ◦C
for a duration of 15 h and then crushed and pushed through a nylon mesh with an entrance
of 5.0 mm. Finally, the AC’s morphology was granular.

3.2. Chemicals

The physio-chemical characteristics and molecular structures of tetracycline (TC),
thiamphenicol (THI), and sulfamethoxazole (SMZ) are given in Table 8. All the antibiotics
have chromatographic clarity, purchased from J & K Scientific (Beijing, China). N,N-
dimethylformamide with more than 99.9% purity was purchased by Sigma-Aldrich (Shang-
hai, China). Apparatus SPI-11-10T was used to prepare ultra-pure water (ULUPURE,
Chengdu, Sichuan, China). The GAC sample used in this paper was supported by
Fan et al. [41].

Table 8. Physicochemical properties of the three antibiotics.

Property Tetracycline (TC) Thiamphenicol
(THI)

Sulfamethoxazole
(SMZ)

Molecular formula
& Chemical Structure

C22H24N2O8
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3.3. Methodology for Selecting Antibiotics

Wastewater influents contain several types of antibiotics; however, due to the limited
availability of information, only a few antibiotics will be selected for this work. The criteria
for selecting antibiotic classes were defined by considering (1) the relevance of antibiotic
class to human medicine, (2) usage amongst the different animal species, and (3) their
presence in wastewater treatment plants.

Based on the selection criteria mentioned above, the following antibiotics were selected
for this work: (1) Tetracycline, (2) Thiamphenicol, and (3) Sulfamethoxazole.

3.4. Sorption Experiments

Stock solution preparation: 0.1000 g of TC, THI, and SMZ was dissolved in a 50 mL
volumetric flask with ultra-pure water and then transferred into a 100 mL volumetric flask
to obtain the stock solutions with a final concentration of 1 g/L respectively. The testing
solutions with different concentrations were obtained by diluting the stock solutions with
ultrapure water.

Effect of GAC dosage: on the sorption of TC by the GAC, tests were conducted in a
100 mL beaker containing 50 mL TC testing solution with 25 mg/L. For GAC dosage, the
amount of GAC ranged from 2 to 8 g/L, while the temperature was fixed at 25 ◦C and the
contact time was 100 min. The effect of GAC dosage was also conducted for the sorption of
THI and SMZ.

Determination of the adsorption equilibrium time: to investigate the sorption of
TC onto the GAC, batch experiments were carried out using a 100 mL beaker containing
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0.4000 g GAC and 50 mL TC testing solutions with various preliminary concentrations.
Each beaker was put into a thermostatic reciprocating shaker (ZHWY-2102C, Changzhou
Guowang Instrument Manufacturing Co., Ltd., Changzhou, Jiangsu, China) at 180 r/min
and 25 ◦C in the dark. The sample was withdrawn by a 5 mL syringe from one beaker
after shaking for 5 min and passed through a 0.45 µm filter. The sampling times were 5, 10,
15, 20, 30, 40, 50, 60, 80, and 100 min. The same steps were carried out to investigate the
sorption of SMZ and THI on GAC, respectively. Filter liquor was used to determine the
residual concentrations of the three antibiotics.

Adsorption isotherm: for measuring the adsorption isotherm, a 250 mL beaker con-
taining 50 mL testing solution with a different initial concentration of TC and 0.4000 g of
GAC was agitated in the dark under 180 rpm at 25 ◦C. Samples were withdrawn after
100 min using a 5 mL pipette tip and filtered using a 0.45 µm filter membrane. This filter-
out solution of TC was used for the remaining concentration analysis to find adsorption
isotherm representation. For investigating the adsorption isotherm of THI and SMZ, the
same procedure was followed.

Adsorption Thermodynamics: a 250 mL beaker containing 50 mL testing solution
with 25 mg/L of TC and 0.4000 g of GAC was agitated in the dark under 180 rpm at 15, 20,
and 25 ◦C. Samples were withdrawn after 100 min using a 5 mL pipette tip and filtered
using a 0.45 µm filter membrane. This filter-out solution of TC was used for the remaining
concentration analysis. For investigating the adsorption isotherm of THI and SMZ, the
same procedure was followed.

Analysis: physisorption analyzer (ASAP-2020, Micrometrics, Beijing, China) was used
to measure the prepared GAC characteristics, like surface area, pore volume, and pore
diameter at 77 K temperature. The Brunauer-Emmett-Teller (BET) method was used to
measure surface area, and the Barrett-Joyner-Halenda (BJH) method was used to measure
pore size distribution. Scanning electron (TM-1000; Hitachi, Tokyo, Japan) was used to
describe the GAC surface morphology and porous structure. The Zeta potential analyzer
(Malvern Zetasizer Nano S90, Shanghai, China) was used to monitor GAC Zeta potential
value. The GAC was first converted into powder form and then submerged in NaCl
solution (1 mmol = litter) to make a blend (0.1 g = 1 L). To adjust the solution’s pH value
from 3 to 9, HCl or NaOH was used. This solution was placed in an ultrasonic treatment
apparatus (25 ◦C, 40 kHz) for 30 min. After the ultrasonic treatment, this solution was kept
for 24 h, and its zeta potential value was measured using a zeta potential analyzer. The
Ultraviolet-visible spectrophotometer (model: SP-1915, Spectrum, Shanghai, China) was
used to measure the antibiotics’ residual concentration. The calibration curves for TC, SMZ,
and THI were given as y = 0.0324x + 0.0307, y = 0.0635x + 0.0007, and y = 0.1455x + 0.0068,
respectively. For measuring the sorption capacity on GAC following formula can be used.

qt =
C0 − C

M
×V (14)

where
qt = adsorption capacity at time t (mg/g)
C0 = adsorbate initial concentration in (mg/L)
C = adsorbate residual concentration at time t (mg/L)
V = volume of solution (L)
M = mass of sorbent (g)
The removal efficiency at different initial concentrations of antibiotics was calculated

by using the following formula:

R.E =
C0 − CE

C0
× 100% (15)

where
R.E = removal efficiency (%)
C0 = initial concentration (mg/L)
CE = equilibrium concentration (mg/L)
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3.5. Regeneration Experiments

Saturated GAC (8.0000± 0.0004) g adsorbing TC, THI, and SMZ was placed in a quartz
glass reactor, and N2 was used as a protective gas and placed in a microwave oven for
irradiation, microwave power 730 w, microwave time 180 s [42], and carried out microwave
regeneration test.

4. Conclusions

This research investigated the experimental results of granular activated carbon ad-
sorbing different antibiotics, including tetracycline, thiamphenicol, and sulfamethoxazole,
from an aqueous solution. The BET experiment indicated that GAC had a high specific
surface area of approximately 1059 m2/g and a high pore volume of 0.625 cm3/g, meaning
that it is a very useful adsorbent for antibiotics removal. The equilibrium adsorption data
of TC, THI, and SMZ were well expressed by the Langmuir isotherm model, and maximum
adsorption capacities were 17.02, 30.40, and 26.77 mg/g, respectively. The kinetic data of
sorption were well described by the pseudo-second-order model, indicating the sorption of
the three antibiotics onto GAC involving valency forces through sharing or exchange of
electrons between sorbent and sorbate. The Weber- Morris intraparticle diffusion model
and Boyd kinetic model proved the main controlling step for the adsorption process was
diffusion through the boundary layer. Using the adsorption equilibrium constant obtained
from Langmuir isotherm, the thermodynamic parameter ∆G0 was calculated to tell the
spontaneity of the adsorption reaction. The values of ∆H0 and ∆S0 were also obtained from
a slope and intercept of the relationship between lnK and reaction temperature. A negative
value of ∆G0 and a Negative value of ∆H0 confirmed the spontaneous and exothermic
nature of the adsorption process. In conclusion, GAC could be employed as an environ-
mentally friendly adsorbent for the removal of antibiotics from water and wastewater.
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Abstract: The use of powdered activated carbon (PAC) as an absorbent has become a promising
option to upgrade wastewater treatment plants (WWTPs) that were not designed to remove phar-
maceuticals. However, PAC adsorption mechanisms are not yet fully understood, especially with
regard to the nature of the wastewater. In this study, we tested the adsorption of three pharmaceuti-
cals, namely diclofenac, sulfamethoxazole and trimethoprim, onto PAC under four different water
matrices: ultra-pure water, humic acid solution, effluent and mixed liquor from a real WWTP. The
adsorption affinity was defined primarily by the pharmaceutical physicochemical properties (charge
and hydrophobicity), with better results obtained for trimethoprim, followed by diclofenac and sul-
famethoxazole. In ultra-pure water, the results show that all pharmaceuticals followed pseudo-second
order kinetics, and they were limited by a boundary layer effect on the surface of the adsorbent.
Depending on the water matrix and compound, the PAC capacity and the adsorption process varied
accordingly. The higher adsorption capacity was observed for diclofenac and sulfamethoxazole
in humic acid solution (Langmuir isotherm, R2 > 0.98), whereas better results were obtained for
trimethoprim in the WWTP effluent. Adsorption in mixed liquor (Freundlich isotherm, R2 > 0.94)
was limited, presumably due to its complex nature and the presence of suspended solids.

Keywords: adsorption; diclofenac; sulfamethoxazole; trimethoprim; dissolved organic matter;
powdered activated carbon; wastewater

1. Introduction

Pharmaceuticals are one of the most common organic micropollutants found in
wastewater. Among pharmaceuticals, nonsteroidal anti-inflammatory drugs (NSAIDs)
and antibiotics are in the spotlight due to their high consumption and/or recalcitrant
nature [1,2]. In wastewater treatment plants (WWTPs), the core treatment is biological
degradation, and even though some pharmaceuticals are highly biodegradable, the concen-
trations found in WWTP effluent are still an issue, because WWTPs are not designed to
remove them [3]. In this way, advanced treatments have gained interest and have been grad-
ually implemented over the last few years [4–6]. These treatments include activated carbon
adsorption (in powder or granules), which offers the advantage of being able to remove a
wide range of compounds. This is particularly relevant in wastewater treatment, where
organic micropollutants often occur as a “cocktail”, and tens to hundreds of substances can
be found at the same time [7]. Indeed, the removal of many recalcitrant substances relies
almost uniquely on sorption processes [8]. Powdered activated carbon (PAC) is known for
being a very flexible option that can be added to existing treatment lines (i.e., addition to
the biological tank) or as a polishing treatment to treat the secondary effluent (i.e., in a new
contact tank) [9,10]. PAC is used to enhance the removal of substances via adsorption and
to promote diverse removal mechanisms with the main aim of obtaining synergistic effects
(such as enhanced biodegradation).
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Adsorption onto activated carbon, which is driven by the properties of the adsorbent
and absorbate as well as the water quality, is a complex process that is not fully under-
stood [11]. When considering the application of PAC in WWTPs, the potential enhancement
of the removal of pharmaceuticals depends on many factors for which the extent of their
influence is challenging to consider altogether [12]. Activated carbon is a porous adsorbent
of which the adsorption capacity depends on its surface properties (specific surface area,
pore volume, functional chemical groups) [13]. Pharmaceuticals instead depend on their
physicochemical characteristics (compound charge, hydrophobicity, molecular weight, etc.)
to be adsorbed, which usually leads to competition effects such that some substances tend
to adsorb more easily than others. Moreover, the overall adsorption process depends also
on the conditions in which it occurs, such as the water matrix. The constituents of the
water matrix and, more specifically, the dissolved organic matter (DOM), may influence
the adsorption process. DOM is formed by many fractions that differ in size (building
blocks, biopolymers, humic acids, low molecular weight organics, etc.), which may limit
the adsorption of pharmaceuticals by blocking the pores on the PAC surface or by direct
competition for the adsorption sites [14,15]. Pharmaceuticals may also interact with the
DOM present in the liquid phase or the DOM that is adsorbed onto the PAC surface. The
results of the interaction may enhance or diminish the adsorption onto PAC, depending on
the tested compounds and conditions [11,16,17]. In our previous paper [18], the removal
efficiencies of a vast selection of organic pollutants at trace levels were compared and
discussed in different MBR coupled to PAC treatment configurations. Specifically, the
PAC was added either inside the biological tank of the bioreactor (mixed liquor) or in a
post-treatment unit to treat the MBR permeate. Results indicated that the effect of the PAC
dosage point was dependent on the compound under study. In general, the presence of
suspended solids and the complex nature of the mixed liquor requires higher doses of PAC
compared to the MBR permeate to achieve equivalent removal efficiencies [19]. Due to the
presence of the micro- or ultra-filtration membranes in the bioreactor, the MBR permeate
is free of suspended solids [20]. In light of the foregoing information, the use of synthetic
water matrices (i.e., humic acid solution) can act as a means to understand the adsorption
process under certain DOM constituents [17].

Because the adsorption onto PAC is influenced by the adsorbate’s properties, three
pharmaceuticals (Figure 1), namely diclofenac (DCF), sulfamethoxazole (SMX) and trimetho-
prim (TMP), were selected. These compounds have been subjected to several studies due
to their low-to-moderate removal in WWTPs and the potentially harmful effects on the
environment that they may entail [21,22]. Additionally, they differ in hydrophobicity
(octanol–water partition coefficient, Kow) and charge at the pH of the wastewater. These
parameters are commonly used to predict the effectiveness of the addition of PAC on the
wastewater treatment line [23].
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DCF is a non-steroidal anti-inflammatory drug (NSAID) used to treat pain and inflam-
matory disorders. Banned in many countries of Southeast Asia [24], DCF was selected for
the first Watch List (Decision 2015/495) for Union-wide monitoring in Europe [25]. DCF is a
weak electrolyte (Figure 1) with high hydrophobicity (logKow = 4.3) [26] that predominates
in its anionic form in wastewater [27]. Compared to other NSAIDs, DCF shows inefficient
and variable removal efficiencies in WWTPs, with great discrepancy among the literature
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data [28]. In this way, the addition of PAC has been shown to be beneficial, albeit the
removal efficiencies found in the literature still show great variability (32–99%) [18].

SMX is a bacteriostatic antibiotic commonly prescribed in combination with TMP.
SMX is an anionic compound with very low hydrophobicity (logKow = 0.8) [26]. Although
these chemical properties are disadvantageous for the direct adsorption of SMX onto
PAC, it has been shown that the addition of this adsorbent to the biological tank of a
membrane bioreactor (MBR) may increase the removal of this compound [29]. Moreover,
batch adsorption isotherms obtained by Li et al. [8] estimated a maximum adsorption of
(qm) 0.017 mg/g.

TMP is an antibiotic that was included in the European Watch List in 2020 (Decision
EU 2020/1161) and was maintained in the recent update published in 2022 (Decision
2022/1307) [30,31], for which its monitoring and related research are promoted. It is a
relatively hydrophilic compound with a low tendency for sorption onto the sludge of the
WWTPs [21]. It has been generally classified as moderately removed in WWTPs, with
better removal efficiencies when PAC is added inside the bioreactor compared to when it is
added as a post-treatment [18].

Adsorption batch experiments and mathematical models can be useful tools to examine
the conditions under which PAC adsorption takes place and to predict adsorbent response
to such conditions [32]. In previous research, the application of adsorption models has been
of great value to understand the mechanisms of adsorption of certain pollutants on porous
adsorbents such as PAC [33]. However, only a few studies have applied these models to
study the effect of varying concentrations of DOC [6] and DOM constituents [15–17] in
the adsorption of pharmaceuticals in wastewater. Indeed, the potential positive effect of
these interactions between DOM and pharmaceuticals has been rarely documented and
quantified [11,16]. With regard to the adsorbates, the influence of their physicochemical
properties (polarity, charge and hydrophobicity) in adsorption has been the subject of
study in the literature [6], but rarely has the literature focused on the subsequent potential
competition effect caused by their different affinity towards PAC under realistic conditions
of wastewater treatment [34].

For all the above-mentioned reasons, the adsorption of three pharmaceuticals onto
PAC is investigated under different conditions using four different approaches. First, the
adsorption capacity of PAC for the three target compounds is determined experimentally,
and the adsorption process is described by three isotherm models (Linear, Langmuir and
Freundlich) and three kinetic models (Lagergren’s pseudo-first-order, pseudo-second-order
and intraparticle diffusion model (IPD)). Second, the potential competition effect among
pharmaceuticals due to their different physicochemical properties (charge, hydrophobicity)
is evaluated. Third, the potential influence of the water matrix is assessed by comparing
the adsorption process (kinetics, isotherms, experimental adsorption capacity) in ultra-pure
water, humic acid solution, permeate of a full-scale membrane bioreactor (MBR) and mixed
liquor from the nitrification tank of the same MBR. Finally, the interaction between the
pharmaceuticals and the DOM on the adsorption onto PAC is studied.

2. Results and Discussion
2.1. Effect of the Contact Time and Initial Concentration of Pharmaceuticals

In order to determine the time needed to reach the maximum adsorption of the
target pharmaceuticals onto PAC, adsorption experiments at various contact times were
conducted. For this purpose, individual solutions of each pharmaceutical were tested at
three concentrations (5, 15 and 25 mg/L) with two concentrations of PAC (0.1 and 1 g/L)
at various contact times (10, 20, 30, 40 and 50 min and 1, 2, 4, 6, 12, 18 and 24 h). Figure 2
shows the removal (in terms of % of adsorption) of the three target compounds over time
(10 min–24 h) in Milli-Q water with 1 and 0.1 g/L of PAC. All target compounds reached
the equilibrium within 24 h, with very little difference in the adsorption between 18 h and
24 h, indicating that no more molecules could be adsorbed. In this way, 24 h was taken as
the equilibrium time for the adsorption isotherms.
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Figure 2. Kinetics of adsorption of DCF, SMX and TMP at three different concentrations in Milli-Q
water with (a) 1 g/L of PAC and (b) 0.1 g/L of PAC at different contact times (10 min–24 h). Error
bars indicate the standard deviation.

TMP was almost completely removed by the adsorption onto PAC (1 g/L) at 24 h
(96–99.8%), followed by DCF (88–97%) and SMX (46–99.9%). TMP was the compound
with the fastest kinetics, with removal from 77% (for the initial concentration of 25 mg/L)
to 90% (for the initial concentration of 5 mg/L) in the first 10 min of agitation. SMX
instead was the compound with the lowest rates and overall adsorption, depending on the
initial concentration. In the first 10 min, 57% of the compound was adsorbed for 5 mg/L
(maximum adsorption of 99.9% after 24 h), whereas only 1.5% was adsorbed for 25 mg/L
(at 24 h, only 46% of the compound was adsorbed).

Lower adsorption percentages were found when PAC was added at 0.1 g/L for
all OMPs in all tested shaking times (Figure 2). At an initial concentration of 5 mg/L,
adsorption of 39%, 63% and 74% was obtained at 24 h for SMX, DCF and TMP, respectively.
On the other hand, maximum adsorption of approximately 15% was obtained for all OMPs
at 25 mg/L. From Figure 2, it can be seen that the adsorption rate was particularly high
within the first ten minutes in all tested OMPs with an initial concentration of 15 and
25 mg/L. The adsorption percentage that was reached in 10 min was approximately 50%
of the total adsorption that was obtained after 24 h. As an example, the adsorption of DCF
at 10 min was 7%, and after 24 h, it was 15% (Figure 2b). After the first ten minutes, the
rate of adsorption was considerably low until it reached equilibrium.

Note that adsorption seems to be dependent on the initial concentration of the pharma-
ceuticals (Figure 2). Higher adsorptions were found at the initial concentration of 5 mg/L
compared to 15 and 25 mg/L for DCF, SMX and TMP, indicating that the adsorption of
pharmaceuticals onto activated carbon is dependent on their initial concentration.

122



Molecules 2023, 28, 2098

2.2. Kinetics

Sorption of the tested pharmaceuticals has proved to be a fast process overall. How-
ever, the behavior of each compound was different, presumably due to their physicochemi-
cal properties and the initial conditions of the experiments (i.e., the concentrations of the
adsorbent and the adsorbate).

The kinetics models were applied to all the tested concentrations of pharmaceuticals
and PAC, even though the behavior should be the same regardless of the initial concen-
tration ratios. In this way, a vast data set was covered, and the reliability of the results
obtained was assured. The kinetics followed a pseudo-second-order model for the three
target compounds at the two tested PAC concentrations (1 and 0.1 g/L). The sorption rate
constants (k1 and k2), qe, calc., qe, exp. and correlation coefficients (R2) are shown in Table 1.
The correlation coefficients of the adjustments were very close to the unity (R2 > 0.98),
with no significant differences between the experimental qe (qe, exp.) and calculated val-
ues (qe, calc.), suggesting that the sorption is governed by the number of available active
sites [34,35]. The lowest qe, exp. values were obtained via SMX in all tested concentrations.
The maximum amounts of adsorbed pharmaceuticals onto PAC (qe, exp.) were the highest
at the lowest PAC concentration and vice versa. The values obtained were in the range of
4826–24,083 µg/g for 1 g/L of PAC and 19,398–37,184 µg/g for 0.1 g/L of PAC based on
the three tested OMPs. Furthermore, higher initial concentrations (C0) of tested pharma-
ceuticals led to higher values of qe, exp. The results indicate that PAC adsorption capacity in
the equilibrium increases when it is found at low concentrations with high concentrations
of the absorbate (i.e., pharmaceutical) in the solution.

Table 1. Sorption kinetic parameters of DCF, SMX and TMP in ultra-pure water with 1 g/L and
0.1 g/L of added PAC. C0 indicates the initial concentration of the pharmaceutical, and qe, exp. indi-
cates the values of qe obtained experimentally.

Compound PAC
(g/L)

C0
(mg/L)

qe, exp.
(µg/g)

Pseudo-First Order Pseudo-Second Order

qe, calc.
(µg/g)

k1
(1/min) R2 qe, calc.

(µg/g)
k2

(g/µg·min) R2

DCF

1 5 4826 206 1.61 × 10−4 0.135 5000 4.00 × 10−3 1.000
1 15 14,729 3185 2.07 × 10−3 0.806 14,286 6.13 × 10−6 1.000
1 25 22,240 11,163 1.15 × 10−3 0.851 25,000 1.14 × 10−6 0.993

0.1 5 31,442 127,321 6.91 × 10−5 0.743 33,333 1.13 × 10−6 0.999
0.1 15 34,852 29,971 4.61 × 10−4 0.430 33,333 1.29 × 10−6 0.996
0.1 25 34,869 229,192 4.61 × 10−4 0.877 33,333 6.92 × 10−7 0.995

SMX

1 5 4999 2085 5.07 × 10−3 0.987 5000 8.16 × 10−6 0.999
1 15 9910 11,527 6.91 × 10−4 0.902 11,111 8.71 × 10−7 0.992
1 25 11,549 23,206 4.61 × 10−4 0.877 14,286 1.88 × 10−7 0.979

0.1 5 19,398 43,813 2.30 × 10−4 0.868 20,000 4.55 × 10−7 0.992
0.1 15 26,490 138,038 9.21 × 10−5 0.784 25,000 7.41 × 10−8 0.996
0.1 25 37,016 233,830 6.91 × 10−5 0.940 33,333 3.83 × 10−8 0.984

TMP

1 5 4992 82 2.07 × 10−3 0.598 5000 4.00 × 10−7 1.000
1 15 14,933 606 1.84 × 10−3 0.543 14,286 4.90 × 10−5 1.000
1 25 24,083 3151 1.15 × 10−3 0.657 25,000 8.00 × 10−6 1.000

0.1 5 37,184 25,439 4.61 × 10−4 0.844 33,333 1.13 × 10−6 0.997
0.1 15 33,416 126,765 6.91 × 10−5 0.561 33,333 1.5 × 10−6 0.999
0.1 25 36,425 229,826 6.91 × 10−5 0.917 33,333 6.43 × 10−7 0.989

As anticipated in Figure 2, the fastest kinetics (k2) were obtained with the lowest
pharmaceutical concentration (5 mg/L) for all the tested compounds except for TMP at
1 g/L PAC. Depending on the initial concentration, k2 changes by at least one order of
magnitude, indicating that the initial OMP concentration seems to have a significant role in
the sorption kinetics.

In parallel with pseudo-first and second-order models, the data were fit into the
IPD. Previous studies have reported that the removal of pharmaceuticals via adsorption
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onto PAC does not fit IPD because the rate of adsorption is controlled by one or more
stages [34,36,37]. Nevertheless, although the model does not fit, it is known that in
porous adsorbents such as PAC, intraparticle diffusion plays a major role in the adsorption
process [36]. The IPD model may be useful for predicting the reaction pathways and the
rate-controlling step in the transport from the water matrix to the active sites [38]. For
porous adsorbents such as PAC, the adsorption process is differentiated into four stages,
as stated originally by Walter and Weber [39]. The first stage is the transfer of the target
pollutant to the solution (bulk transport); the second is the film diffusion, in which the
adsorbate is transported from the bulk phase to the external surface of the PAC; the third
stage is the diffusion of the adsorbate molecules along the adsorbent surface or through
the pores (i.e., intraparticle diffusion), which is defined as the rate-controlling step in the
IPD model; and the fourth stage is when the adsorption bond is formed between the
OMP and the active site. When the adsorption onto PAC is controlled via intraparticle
diffusion, stages 1, 2 and 4 occur very quickly, and the intraparticle diffusion is the only rate-
controlling step. As a result, the IPD model adjustment should show a linear relationship
between t1/2 and qt with a null intercept (C = 0). In the original linear form of the IPD [40],
only the second, third and fourth stages are considered because bulk transport does not
directly relate to the solid–liquid sorption process.

In this study, the qt versus t1/2 plot showed multi-linearity with three different slopes,
indicating that the adsorption process is governed by a multistep mechanism, which is
differentiated via the three abovementioned stages [38]. The fitting data for the model
are shown in Table 2. First of all, it can be seen that the values of the rate constant (kid)
follow the following order: kid1 > kid2 > kid3, for all the samples tested. kid values are also
at a higher C0. The fact that the third stage is the lowest is due to it corresponding to
the equilibrium state in which intraparticle diffusion gradually slows down; the OMPs
come into contact with the active sites, and the final equilibrium is reached, resulting in
the corresponding plots being nearly horizontal lines [41,42]. Regarding constant C, the
results show that C 6= 0 in all samples tested, and increasing values from C1 to C3 were
found for DCF and TMP. Constant C is associated with the thickness of the boundary layer,
which implies that there is a higher boundary layer effect within the pores (and active
sites) of the activated carbon compared to the outer surface. According to Rudzinski and
Plazinski [43], negative values of intercept C observed for SMX can be explained by the
presence of a “subsurface” region close to the surface of PAC on which the concentration of
the adsorbate is different from that in the bulk phase, which affects the rate of the surface
reactions (pseudo-second-order kinetics) at the initial times.

Table 2. Intraparticle diffusion model constants and correlation coefficients for DCF, SMX and TMP
sorption at different initial concentrations (C0), together with the respective regression coefficients
(R2). The PAC concentration used for the model is 1 g/L.

Compound C0
(mg/L)

Intraparticle Diffusion

First Phase Second Phase Third Phase

kp1

(µg/g min1/2)
C1 R2 kp2

(µg/g min1/2)
C2 R2 kp3

(µg/g min1/2)
C3 R2

DCF
5 0.402 93.03 0.921 0.078 95.45 1.000 −0.006 96.751 0.979

15 15.657 129.49 0.996 2.322 242.66 0.999 −0.013 295.08 1.000
25 26.047 109.34 0.976 11.310 192.21 0.962 0.029 443.70 1.000

SMX
5 2.596 50.37 0.985 1.926 54.95 0.962 0.074 97.16 1.000

15 7.479 20.77 0.977 8.644 −8.99 1.000 0.187 191.09 1.000
25 8.524 −23.18 0.947 14.061 −97.14 0.991 0.033 229.71 1.000

TMP
5 3.813 78.36 0.889 0.348 96.39 0.995 0.020 99.15 0.781

15 12.055 211.25 0.958 0.958 285.80 0.998 0.072 296.07 0.938
25 15.330 337.67 0.982 3.291 420.88 0.999 0.321 470.19 0.933
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Although the adsorption onto PAC is governed via a multi-step mechanism, and
intraparticle diffusion is not the only rate-limiting stage in the adsorption process, the
IPD model was useful for understanding the sorption mechanisms of the three target
pharmaceuticals. In general, it can be deduced that once the compound passes through the
boundary layer from the bulk phase to the external surface of the PAC, it slowly moves
from the macropores to the active sites, decreasing the adsorption rate. The adsorption also
seems to be determined by a boundary layer effect that increases its relevance in the latter
stages of the adsorption process.

2.3. Sorption Isotherms in Ultra-Pure Water and Competition Effect

Pharmaceutical concentrations tested for isotherm determination were in the range of
5–25 mg/L, whereas PAC concentration was between 0.1 and 1 g/L. The equilibrium time
was set at 24 h. PAC concentrations were selected in accordance with the literature [8,29,44].
The pharmaceutical concentrations were the lowest allowed by the analytical method.
Due to the high adsorption capacity of the PAC, lower concentrations would be almost
completely adsorbed and would not be detectable. The sorption coefficient of the linear
sorption, together with the sorption parameters derived from the Langmuir and Freundlich
models, and regression coefficients (R2) are listed in (Table 3, individual solutions). From
the analysis of the results obtained, it emerges that regression coefficients for linear sorption
(0.783–0.96) were significantly lower than the Langmuir and Freundlich models (p < 0.05)
for all three tested compounds, which means that the model does not fit the adsorption data
very well. On the other hand, no significant differences were found between Langmuir and
Freundlich for DCF and TMP, whereas the Freundlich model provided better R2 coefficients
for SMX. This finding is in agreement with previous studies in the literature [36,37,45],
where very similar R2 values were obtained, and no statistical analyses were performed to
determine the best-fitting equation. Langmuir and Freundlich isotherms are the most used
for describing the adsorption of porous adsorbents in wastewater, but further investigations
on isotherm modelling may be needed to best describe the adsorption process.

Considering Kd, qm and KF parameters, the results observed in the kinetic studies
were confirmed once again, and the pharmaceuticals that were better adsorbed in PAC are
as follows: TMP, DCF and SMX. On the other hand, the term 1/n of Freundlich isotherm
represents the intensity of adsorption. Because the values found for all compounds are
less than 1, it can be assumed that there is a good affinity between the adsorbates and the
adsorbent and that chemical adsorption occurs.

Complex mixtures of pharmaceuticals are usually found in urban wastewater [7].
The diversity of the nature and target use of these substances is usually reflected in their
physicochemical properties (e.g., hydrophobicity, solubility, charge, molecular weight).
When PAC is applied for the removal of pollutants in wastewater, adsorption depends
on the interactions between the compound and the adsorbent surface, and the aforesaid
pharmaceutical properties may be the key to understanding and predicting the adsorption
tendency of the compound. For these reasons, it is of great importance to understand the
competitive effect among pharmaceuticals when considering adsorption onto activated
carbon. The target compounds are expected to be adsorbed to varying degrees, and the
competition for the adsorption sites may vary depending on the initial concentration and
physicochemical properties of the compound.

To evaluate the competitive effect of DCF, SMX and TMP, the results of adsorption
isotherms of the mixture (Table 3) and kinetic studies (Table 4) are presented. As for
individual solutions, no statistical differences among isotherm models were found, except
for the significantly lower R2 of linear isotherm in the case of DCF (p < 0.05). Despite
the lack of significance, the regression coefficients for the Langmuir isotherm are slightly
higher, indicating that monolayer adsorption on the PAC surface is assumed and that the
differences in adsorption among pharmaceuticals depend on the affinity of the compound
to the PAC surface. Although there were no differences between the maximum adsorption
capacity (qm) among the pharmaceuticals, the Langmuir adsorption constants (KL) were
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significantly lower for SMX (p = 0.018). Similarly, Kd and KF showed significant differences
among tested compounds (p < 0.05), with higher coefficient values in the following order:
TMP > DCF > SMX.

Table 3. Distribution coefficient (Kd), Langmuir and Freundlich isotherm constants obtained
in individual solutions of each pharmaceutical (DCF, SMX and TMP) and the mixture of
the three pharmaceuticals in ultra-pure water. N.A. (not applicable) indicates that the parameters
could not be obtained, as the residual concentration found in the liquid phase was too low to conduct
the modelling.

Linear Sorption Langmuir Isotherm Freundlich Sorption

Compound
PAC
Conc.
(g/L)

Kd
(mL/g) R2 qm

(µg/g)
KL

(L/mg) R2 1/n KF
(mg/g) (mL/mg)1/n R2

Individual solutions

DCF

0.1 1777.9 0.895 33,333 0.300 0.963 0.281 12,673.9 0.925
0.25 1949.2 0.836 33,333 0.429 0.979 0.215 14,368.6 0.953
0.5 2980.6 0.783 25,000 2.000 0.978 0.271 14,099.6 0.991
1 7167.1 0.855 20,000 5.000 0.946 0.574 10,802.1 0.999

SMX

0.1 1896.0 0.960 50,000 0.100 0.915 0.439 8918.7 0.959
0.25 1634.0 0.947 33,333 0.150 0.936 0.392 7972.1 0.967
0.5 1756.3 0.902 25,000 0.444 0.956 0.380 7667.1 0.985
1 1417.6 0.937 16,667 0.300 0.912 0.520 3947.0 0.990

TMP

0.1 2618.9 0.833 50,000 0.400 0.951 0.178 23,576.4 0.801
0.25 3712.3 0.820 50,000 0.667 0.972 0.249 21,407.6 0.961
0.5 5939.4 0.852 33,333 1.500 0.967 0.393 16,565.9 0.998
1 19,820.0 0.910 25,000 4.444 0.939 N.A. N.A. N.A.

Mixture

DCF

0.1 1806.2 0.852 33,333 0.375 0.987 0.203 16,008.9 0.955
0.25 1063.6 0.763 16,667 1.000 1.000 0.124 11,356.0 0.900
0.5 1348.8 0.785 16,667 1.000 0.995 0.212 9531.0 0.962
1 1390.1 0.707 12,500 1.000 0.996 0.125 9464.5 0.823

SMX

0.1 423.03 0.935 50,000 0.010 0.031 0.587 1222.7 0.423
0.25 385.32 0.965 14,286 0.054 0.924 0.670 1012.2 0.950
0.5 280.47 0.976 10,000 0.053 0.869 0.709 629.0 0.998
1 162.16 0.868 3333 0.375 0.968 0.137 1783.6 0.652

TMP

0.1 2442.7 0.901 50,000 0.200 0.832 0.257 17,243.7 0.597
0.25 2036.5 0.733 25,000 2.000 0.999 0.128 19,171.9 0.964
0.5 2716.2 0.730 25,000 2.000 0.999 0.151 17,870.4 0.955
1 5636.6 0.843 25,000 2.000 0.995 0.239 14,485.5 1.000

When comparing isotherm coefficients between individual solutions and the mixture,
only KF and Kd were found to be significantly lower in the mixture compared to the
individual solution in SMX. In this sense, although no significant differences were found for
the other parameters (qm, KL) and compounds (DCF, TMP), higher values were found in the
individual solutions, indicating that there is some competition effect, especially for SMX.

Kinetics studies were used to evaluate whether the rate and mechanism of adsorption
of each compound in the mixture (Table 4) varied in comparison with individual solutions
(Table 1). In this regard, the same experimental conditions were applied to compare the
results with accuracy. In the mixture, the results show that the compounds followed a
pseudo-second order equation (Table 4), with no significant differences between qe,exp and
qe,calc (p > 0.05). Despite there being no differences between the kinetic coefficients (k2)
for the individual solutions and the mixture, the qe,exp values were overall greater in the
individual solutions compared to the mixture (p = 0.01). Indeed, considering the removal of
the compounds in the liquid phase, removal efficiencies were found to be between 23% and
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27% higher in the individual solutions at 5 mg/L of the three tested compounds compared
to the mixture (e.g., 62.9% versus 36.9% for DCF).

Table 4. Sorption kinetic parameters for the mixture of DCF, SMX and TMP in ultra-pure water with
0.1 g/L of added PAC.

Compound C0
(mg/L)

qe, exp.
(µg/g)

Pseudo-First Order Pseudo-Second Order

qe, calc.
(µg/g)

k1
(1/min) R2 qe, calc.

(µg/g)
k2

(g/µg·min) R2

DCF
5 18,467 136,395 9.21 × 10−5 0.878 16,667 1.33 × 10−6 0.991
15 28,362 40,272 1.84 × 10−4 0.851 33,333 4.09 × 10−7 0.993
25 15,957 242,493 2.30 × 10−5 0.387 16,667 1.2 × 10−6 0.990

SMX
5 5716 48,865 6.909 × 10−5 0.801 10,000 1.81 × 10−7 0.890
15 4742 147,809 1.382 × 10−5 0.633 5000 2.72 × 10−6 0.991
25 35,771 237,684 6.909 × 10−5 0.740 33,333 2.81 × 10−7 0.997

TMP
5 25,531 32,464 2.30 × 10−4 0.820 25,000 1.45 × 10−6 0.999
15 25,310 134,122 4.61 × 10−5 0.435 25,000 1.23 × 10−6 0.990
25 25,948 239,111 4.61 × 10−5 0.874 25,000 5.71 × 10−7 0.941

In general, TMP was the compound that adsorbed best at PAC. TMP is the only tested
pharmaceutical that is found mainly in its cationic form at the pH of water and wastew-
ater (pH 6–8) (Figure 3). Regardless of their other physicochemical properties, cationic
compounds are proven to be well removed on PAC hybrid systems, due to the electro-
static interactions with the negatively charged surface of most manufactured PACs [5,6].
The charge of ionizable compounds is the conducting parameter that determines their
adsorption onto PAC [12]. In water and wastewater, DCF and SMX are present mainly in
their anionic form, and the expected removal via PAC is lower. In the absence of positive
electrostatic interactions, hydrophobicity (measured logKow) becomes the critical factor
for predicting adsorption. SMX is an anionic compound with very low hydrophobicity
(logKow = 0.79) compared to that of DCF (logKow = 4.26). Both properties are responsible
for the lower adsorption of SMX onto PAC in the tested conditions.
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Figure 3. Changes in the ionization state of DCF, SMX and TMP as a function of the pH. J Chem for
Office (20.11.0, ChemAxon, https://www.chemaxon.com, accessed on 11 June 2021) was used for
calculating the ionization state.

2.4. Influence of the Water Matrix

In wastewater treatment, the water matrix influences the adsorption process as well
as the physicochemical properties of the of the adsorbates. In hybrid systems combining
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biological treatment with adsorption, PAC can be added in the biological tank (in contact
with the mixed liquor) or as a polishing treatment for the secondary effluent [9,32]. Because
the constituents and quality of the wastewater change along with the treatment step, it is
essential to study the influence of the water matrix on the adsorption of contaminants. One
of the most important parameters to consider is the presence of dissolved organic matter
(DOM) [46]. DOM is constituted of fractions of different sizes (i.e., building blocks, humic
and fulvic acids, biopolymers and low molecular weight organics) which may interfere
with the adsorption to varying degrees [15] by blocking the PAC pores or competing with
the pollutants of interest for adsorption sites. Indeed, the addition of fresh PAC is required
to maintain high removal efficiencies, because the PAC surface becomes saturated over
time mainly due to the adsorption of the DOM present in the wastewater [9,46]. In addition,
the effect of PAC saturation is more pronounced for anionic compounds, because DOM is
negatively charged at the overall pH of wastewater and interferes with the adsorption of
anionic compounds through electrostatic repulsion [6]. However, the effect of the presence
of DOM is still unclear. Many studies report that DOM has no significant effect or may
even have a positive effect on the adsorption of some pharmaceuticals, depending on the
experimental conditions [11,14,47].

The influence on the water matrix was studied by performing adsorption batch ex-
periments in ultra-pure water, humic acid (HA) solution, MBR permeate and mixed liquor
and comparing the obtained experimental results and isotherm modelling. Although the
composition of DOM in the MBR permeate and the mixed liquor was not determined, the
total DOC concentration was measured for the HA solution (29.35 mg/L), MBR permeate
(4.1 mg/L) and mixed liquor (4.7 mg/L). It should be noted that the DOC concentration
in the MBR permeate and that in the mixed liquor are quite similar, despite their different
nature. Mixed liquor possesses a high concentration of total suspended solids (6 g/L)
compared to MBR permeate (5.4 mg/L). In this case, the solid phase mixed liquor was
included in the adsorption experiments, because it can act as an adsorbent and influence
the interactions between pharmaceuticals and PAC.

Experimental equilibrium adsorption capacities of DCF, SMX and TMP for each water
matrix are depicted in Figure 4. Sorption parameters from isotherm models and regression
coefficients for each water matrix are listed in Table 5.

The adsorption mechanisms and, therefore, the isotherm models that describe them
may vary from compound to compound, as described in the literature [48]. Similarly,
they appear to depend on the water matrix in which adsorption occurs. As mentioned
earlier, both the Langmuir and the Freundlich models fitted the results of DCF and TMP
in ultra-pure water very well, whereas for SMX, the Freundlich model provided a better
fit. Nonetheless, the regression coefficients of the Langmuir model for SMX are very
high (R2 > 0.956). As for ultra-pure water, both Langmuir and Freundlich isotherms
had very similar regression coefficients in MBR permeate, and there was not a model
that fitted the results better for any of the compounds tested. None of the Langmuir
parameters (KL and qm) differed significantly between the pharmaceuticals. Instead, the
Langmuir isotherm clearly fitted the qe versus Ce plot in the humic acid solution, whereas
the Freundlich isotherm had significantly higher R2 values in the mixed liquor. In the
Langmuir isotherm, monolayer adsorption onto the PAC surface is assumed with a fixed
number of energetically equivalent sites, whereas the Freundlich isotherm is considered to
be an empirical expression for multilayer adsorption with different energy in the active
sites [35]. Mixed liquor is expected to represent a much more complex matrix because
it was extracted from the biological reactor, where most of the biological and chemical
transformations take place for the removal of contaminants. In previous studies, it has
been observed that given similar DOC-pharmaceutical concentrations, DOM composition
may induce a stronger adsorption competition effect depending on the type of water (i.e.,
drinking water compared to WWTP effluent) [14]. In this way, the results are not surprising
and confirm that adsorption mechanisms change depending on experimental conditions.
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Figure 4. Experimental equilibrium adsorption capacity of (a) DCF, (b) SMX and (c) TMP at four
different PAC concentrations (0.1, 0.25, 0.5 and 1 g/L) in ultra-pure water (×), humic acid solution (#),
MBR permeate (N) and mixed liquor from a WWTP (�). Error bars indicate the standard deviation.

Assuming that the Freundlich isotherm had the best fit for all the water matrices,
the higher average KF values were found as follows: HA solution, ultra-pure water, MBR
permeate and mixed liquor. Higher KF values correspond to a higher adsorption capacity
of the PAC (qe) for the same equilibrium concentration (Ce) for all three compounds. As
shown in Figure 4, higher PAC loads were obtained in the humic acid solution for DCF and
SMX, followed by ultra-pure water and MBR permeate, with very similar results (p > 0.05).
On the other hand, PAC loads were found to be the lowest in the mixed liquor for all
pharmaceuticals. For TMP instead, the best results were obtained in the MBR permeate,
followed by ultra-pure water, humic acid solution and mixed liquor. Indeed, for 1 g/L of
PAC, the remaining concentrations of TMP in the MBR permeate were too low to perform
the isotherm modelling. For 0.1 g/L of PAC, an unexpected increase in the adsorption
capacity was achieved at higher TMP concentrations in the mixed liquor, not following the
trend in the other PAC concentrations. Although the overall results are not consistent with
other studies [11,49], in which the adsorption capacity in wastewater was systematically
lower compared to that in ultra-pure water, it is possible that positive interactions between
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the humic acids and MBR effluent DOM lead to an increased adsorption capacity of PAC.
Moreover, in real wastewater systems, DOM is present at a concentration of three to six
orders of magnitude higher than organic micropollutants (mg/L compared to µg/L—ng/L).
In our experimentation, the extent of the effect of DOM may be limited or altered because
the C0 of the tested pharmaceuticals ranged from 5 to 25 mg/L. In all water matrices,
the highest PAC loadings (qe) were observed at the lowest PAC concentration (0.1 g/L)
and maximum pharmaceutical concentration (25 mg/L) for all the water matrixes and
compounds (Figure 4).

Table 5. Distribution coefficient (Kd), Langmuir and Freundlich isotherm constants in different water
matrices (humic acid solution, MBR permeate and mixed liquor). Results for humic acid solutions
were considered without pre-contact time between the HAs and the pharmaceuticals. N.A. (not
applicable) indicates that the parameters could not be obtained, as the residual concentration found
in the liquid phase was very low to conduct the modelling.

Linear Sorption Langmuir Isotherm Freundlich Sorption

Compound
PAC
Conc.
(g/L)

Kd
(mL/g) R2 qm

(µg/g)
KL

(L/mg) R2 1/n KF
(mg/g) (mL/mg)1/n R2

Humic acid solution

DCF

0.1 4521.6 0.941 100,000 0.125 0.908 0.4568 18,012.1 0.929
0.25 4802.4 0.783 50,000 1.000 0.994 0.2799 24,760.4 0.896
0.5 4600.6 0.768 33,333 1.500 0.984 0.2000 20,607.3 0.781
1 12,308.0 0.718 100,000 1.429 0.994 N.A. N.A. N.A.

SMX

0.1 2856.7 0.878 50,000 0.250 0.919 0.2630 20,426.7 0.863
0.25 3957.7 0.792 50,000 1.000 0.983 0.1408 29,673.2 0.651
0.5 6994.4 0.801 33,333 3.000 0.983 0.2731 22,606.7 0.807
1 11,372.0 0.763 25,000 5.000 0.991 N.A. N.A. N.A.

TMP

0.1 2287.9 0.860 50,000 0.286 0.976 0.2116 19,150.8 0.900
0.25 2600.1 0.791 33,333 0.750 0.992 0.1891 19,424.7 0.958
0.5 3824.5 0.720 33,333 3.000 0.994 0.1960 19,358.8 0.998
1 31,430.0 0.740 25,000 10.000 0.998 N.A. N.A. N.A.

MBR permeate

DCF

0.1 1553.7 0.880 33,333 0.150 0.978 0.4160 8206.6 0.865
0.25 1785.4 0.802 25,000 0.667 0.989 0.2066 14,004.0 0.925
0.5 3273.4 0.776 50,000 1.000 0.985 0.2785 14,831.4 0.997
1 12,011.0 0.734 25,000 1.000 0.995 N.A. N.A. N.A.

SMX

0.1 1642.8 0.999 1,000,000 0.002 0.028 0.9527 1843.1 0.988
0.25 1349.2 0.962 33,333 0.100 0.924 0.4976 5154.4 0.978
0.5 1874.2 0.870 25,000 0.444 0.993 0.2650 10,690.4 0.932
1 3009.7 0.837 20,000 1.000 0.999 0.2310 11,178.0 0.996

TMP

0.1 9370.2 0.875 250,000 0.057 0.225 0.8102 15,532.7 0.647
0.25 6616.8 0.690 50,000 1.000 0.974 0.2822 31,351.0 0.754
0.5 8417.5 0.535 50,000 1.000 0.937 N.A. N.A. N.A.
1 N.A. N.A. N.A. N.A. N.A. N.A. N.A. N.A.

Mixed liquor

DCF

0.1 827.9 0.993 −25,000 −0.019 0.466 1.3563 299.7 0.957
0.25 766.7 0.963 −10,000 −0.033 0.407 1.6076 148.1 0.903
0.5 235.9 0.995 50,000 0.005 0.038 0.9064 296.5 0.952
1 234.1 0.998 33,333 0.008 0.268 0.8891 312.6 0.979

SMX

0.1 431.5 0.965 −3333 −0.048 0.907 1.8270 55.0 1.000
0.25 233.2 0.990 −33,333 −0.006 0.085 1.0983 186.3 0.954
0.5 84.0 0.892 2000 0.172 0.873 0.4847 384.3 0.707
1 109.4 0.858 2500 0.118 0.552 0.6615 300.6 0.594

TMP

0.1 3988.7 0.976 1,250,000 0.004 0.015 1.0055 4011.8 0.939
0.25 1785.7 0.995 125,000 0.020 0.538 0.8440 2659.3 0.980
0.5 1002.7 0.960 33,333 0.060 0.986 0.6493 2484.4 1.000
1 822.7 0.868 14,286 0.233 0.996 0.4847 2980.3 0.967

It has been observed that the adsorption of some pharmaceuticals is promoted by
the presence of humic acid in soils and sediments, suggesting that the presence of these
substances may positively influence the sorption affinity for the adsorbent. Humic sub-
stances, which are also commonly found in wastewater, are known to act as carriers of
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organic micropollutants such as pharmaceuticals [50]. Due to their mobility and ability to
form complexes with organic and inorganic species, commercial HAs may contain trace
elements (e.g., ions, heavy metals) that contribute to the adsorption of further organic com-
pounds (i.e., diclofenac) in adsorption experiments [50]. In another study, the formation
of ciprofloxacin–HA complexes has been reported as a “false positive adsorption” when
testing the sorption capacity of various adsorbents [17]. According to Behera et al. [33], the
pharmaceutical–HA complex would be able to adsorb onto the surface of the adsorbent.
These authors also suggest that the free pharmaceuticals in the solution could adsorb onto
the already adsorbed HA, leading to an increase in adsorption [17]. On the other hand, the
high concentrations of HAs in our study (29.35 mg/L) may enhance the sorption of some
pharmaceuticals via hydrophobicity. Even if the interaction between DOM and pharmaceu-
ticals is not expected, the presence of HAs may promote the adsorption through the PAC in
the solution. The adsorption of dissolved humic substances has been proved to reduce the
aggregation of carbon nanotubes, thus increasing the surface area available for adsorption
by two orders of magnitude, increasing the change in the hydrophobic interactions between
the adsorbent and SMX [47]. This could explain the increased adsorption of DCF and SMX,
two anionic compounds for which the electrostatic interactions with the DOM would not
be primarily considered. For the aforementioned reasons, the increased adsorption capacity
of PAC in the HA solution is not surprising. Although there is no single phenomenon
that explains the observed results, the literature data confirm that the presence of humic
substances can affect the adsorption of organic compounds such as pharmaceuticals in
several ways.

In the case of the MBR permeate, the results show that the presence of DOM had no
negative effect on drug adsorption, with no statistical differences from ultra-pure water for
DCF and SMX (p > 0.05) and with an increase in the adsorption capacity of PAC for TMP
(p < 0.05). Because the concentration of the pharmaceutical influences the experimental
adsorption values (with the highest qe values at C0 of 25 mg/L in all water matrices), it
may be that DOC is not high enough in the solution to cause a decrease in adsorption
compared with ultra-pure water. In any case, the results show that the adsorption of
TMP in the MBR permeate was enhanced, probably due to the above-mentioned reasons
related to HAs and, in particular, to the fact that TMP is positively charged, which could
favor the interactions with negatively charged DOM. PAC added to the secondary effluent
of full-scale WWTPs has been proved to provide a better quality effluent (i.e., lower
TMP concentration) compared to PAC added in the biological reactor, in contact with
the mixed liquor, indicating that the DOM constituents of the MBR permeate have a
different effect on the adsorption of TMP onto PAC [18]. Indeed, TMP was not the only
compound with lower adsorption in the mixed liquor (Figure 4). Even with the very similar
DOC concentration, the differences in the adsorption capacity of PAC between the MBR
permeate and mixed liquor indicate that the DOM constituents play a significant role in the
adsorption process. Although HAs appeared to favor adsorption, low molecular weight
organics have been demonstrated to limit the process due to direct competition for the
adsorption sites [35]. However, it should be noted that the experiments conducted aimed
to reproduce the adsorption process under real WWTP conditions, and, therefore, the solid
fraction of the mixed liquor was included in the adsorption batch experiments. Because
some pharmaceuticals are also able to adsorb onto the sludge [27], additional adsorption
experiments were performed without the addition of PAC to quantify the adsorption onto
the solid phase of the mixed liquor (dried sludge). The results of the experimental qe and
Ce values were highly variable, and no modelling could be performed (data not shown).
However, the resulting qe values were very low compared to PAC adsorption (e.g., the
maximum qe found was 530 µg/g for SMX), and thus, the adsorption onto the mixed
liquor can be neglected for the pharmaceuticals under study [27]. However, the presence
of additional suspended material (with a concentration of 6 g/L) could limit the ability
of the pharmaceuticals to reach the PAC adsorption sites and, thus, physically reduce the
adsorption of pharmaceuticals.
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2.5. Influence of the Pre-Equilibrium Time between Pharmaceuticals and DOM on Adsorption

The influence on the interaction between DOM and the pharmaceuticals before the
adsorption onto PAC was studied by using the HA solution. Humic acids are one of the
most common DOM fractions found in wastewater [50], and they were chosen because of
their commercial availability and ease of use in the laboratory. Because the objective was to
study the interaction between DOM and the pharmaceuticals, DOC concentration does not
have to be identical to the one found in the biological tank of the WWTP (4.7 mg/L). In fact,
the experiments were performed with the highest possible DOC concentration, in order to
produce the largest difference between DOM and the pharmaceutical concentration. The
pre-contact time between HAs and OMPs was set at 24 h because it has already been tested
as sufficient to evaluate the influence of the interaction between them [11].

The results of the adsorption isotherm parameters and correlation coefficients of the
three pharmaceuticals with 24 h of pre-contact time are shown in Table 6, whereas the
results of adsorption without a pre-equilibrium time are depicted in Table 5. Langmuir
isotherm is the model that better fits the results in the HA solution in both conditions, and
no statistical differences were found between them for the maximum adsorption capacity
(qm) and Langmuir coefficient (KL). Regarding removal efficiencies (data not shown), no
statistical differences were found between no pre-contact time and 24 h of pre-contact time
with the HA solution, although a slight increment was observed for the condition without
pre-contact time (3% for SMX, 7% for TMP and 8% for DCF). As explained earlier, the
presence of HA in the solution had a neutral to positive effect for the three pharmaceuticals
tested, which may be attributed to the high adsorption of the HAs and the interaction
between the HA and the pollutants. However, the pre-contact time had no significant
effect on the adsorption. The long shaking times of the adsorption experiments (24 h) were
already sufficient to observe the potential beneficial effects of the presence of HA in the
solution (e.g., formation of pharmaceutical–HA complexes, increased dispersion of the
PAC), without the need for additional pre-contact time. In this way, in a previous study,
it was found that the 24 h pre-contact time between DOM and various pharmaceuticals
favored adsorption only at short contact times (i.e., 30 min) and had no effect once the
equilibrium between the adsorbent and adsorbates was reached (i.e., 72 h) [11].

Table 6. Distribution coefficient (Kd) and Langmuir and Freundlich isotherm parameters, together
with the corresponding regression coefficients (R2) for the adsorption DCF, SMX and TMP onto PAC
in a humic acid solution with 24 h pre-contact time between the pharmaceuticals and the humic
acids. Not applicable (N.A.) indicates that the parameters could not be obtained, as the residual
concentration found in the liquid phase was too low to conduct the modelling.

Linear Isotherm Langmuir Isotherm Freundlich Isotherm

Compound
PAC
Conc.
(g/L)

Kd
(mL/g) R2 qm

(µg/g)
KL

(L/mg) R2 1/n KF
(mg/g) (mL/mg)1/n R2

DCF

0.1 2931.5 0.8482 50,000 0.400 0.983 0.2194 23,435.3 0.951
0.25 3196.9 0.8713 50,000 0.333 0.980 0.3342 15,739.0 0.988
0.5 2932.1 0.7000 25,000 2.000 0.999 0.0962 20,854.0 0.959
1 2403.6 0.6190 16,667 6.000 0.990 0.0825 13,418.6 0.614

SMX

0.1 2378.1 0.8972 50,000 0.250 0.985 0.2619 18,030.1 0.953
0.25 3434.0 0.8685 50,000 0.500 0.981 0.3040 18,300.8 0.970
0.5 5491.8 0.8108 33,333 3.000 0.988 0.1885 23,086.4 0.948
1 7530.7 0.7846 20,000 6.250 0.988 N.A. N.A. N.A.

TMP

0.1 2340.0 0.8716 50,000 0.250 0.989 0.2932 16,000.9 0.9487
0.25 2567.3 0.7911 33,333 0.750 0.991 0.2272 17,667.8 0.9735
0.5 3896.4 0.7282 33,333 3.000 0.996 0.1366 22,092.6 0.9872
1 N.A. N.A. N.A. N.A. N.A. N.A. N.A. N.A.
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3. Materials and Methods
3.1. Adsorbent and Adsorbates

PAC (ACTISORBE 700, Brenntag S.p.A, Italy) was used for all the adsorption exper-
iments. The PAC characteristics were supplied by the manufacturer as follows: iodine
number 750 mg/g, methylene blue 12 mL, BET specific surface area 850 m2/g, bulk
density 430 kg/m3, ash content 10%, humidity 5% and alkaline pH. The surface prop-
erties of the selected PAC are in agreement with the literature on adsorption of organic
pollutants [18,51–53]. After its purchase, the PAC was not treated in order to emulate real
conditions for which the adsorbent is directly added to the wastewater treatment line.

The DCF, SMX and TMP properties are listed in Table 7. J Chem for Office (20.11.0,
ChemAxon, https://www.chemaxon.com, accessed on 11 June 2021) was used for cal-
culating the physicochemical properties (logKow, molecular weight) and the ionization
state (Figure 3). The calculation method for logKow is based on a modified version of the
algorithm published by Viswanadhan et al. [54]. In this publication, the Kow is the sum
of the assigned values of the individual atomic contributions of a molecule. Molecular
weight was based on the data published by IUPAC on the atomic weights of elements [55].
To calculate the ionization state, the software conducts a weighted sum of the net charges
of the microspecies comprising the molecule as a function of the pH in aqueous solution.
More information about the software functioning is available online.

Diclofenac and sulfamethoxazole (≥98% TLC) were purchased from Sigma-Aldrich
(St. Louis, MO, USA), and trimethoprim (≥98% TLC) was purchased from Acros Organics
(Thermo Fisher Scientific Inc., Trenton, NJ, USA). To prepare the pharmaceutical solutions,
exact amounts of the target compounds were weighed and added to the corresponding
water matrix (Section 3.2). To ensure that the compounds were completely dissolved, a
maximum of 1% of methanol was added, and the solutions were sonicated in an ultrasonic
bath (Sonorex Digital 10P, Bandelin electronic, Berlin, Germany) for 5 min.

Table 7. Physicochemical properties of the selected pharmaceuticals. J Chem for Office (20.11.0,
ChemAxon, https://www.chemaxon.com, accessed on 11 June 2021) was used for calculating the
physicochemical properties (molecular weight and logKow). Values for pKa1 and pKa2 were obtained
from the literature [56,57].

Compound Molecular
Formula Molecular Weight (g/mol) logKow

1 pKa1 pKa2

Diclofenac C14H10Cl2NNaO2 318.13 4.26 4.21 2

Sulfamethoxazole C10H11N3O3S 253.28 0.79 1.83 2 5.57 2

Trimethoprim C14H18N4O3 290.32 1.28 7.10 ± 0.02 3

1 Octanol–water partition coefficient. 2 Obtained from [56]. 3 Obtained from [57].

3.2. Water Matrices

Four different water matrices were used to prepare pharmaceutical solutions: ultra-
pure water (Milli-Q), humic acid (HA) solution and effluent and mixed liquor from a
WWTP. The preparation method of each water matrix is described below.

Milli-Q water was obtained from the Millipore Simplicity UV system (Millipore Cor-
poration, Billerica, MA, USA).

Commercially available humic acids (CAS 1415-93-6, Sigma-Aldrich, St. Louis, MO,
USA) were used to prepare the HA solution (50 mg/L), with a dissolved organic carbon
(DOC) concentration of 29.35 mg/L. The solution was prepared following the method
described by [48]. Briefly, to prepare a volume of 100 mL, 5 mL of 1M NH4OH were added
to a 100 mL flask. Then, 0.005 g of HAs were weighed, and the Milli-Q water was added to
a maximum of 85 mL. The pH of the solution was then adjusted to 5.34 with 1 M formic
acid and prepared to the desired volume (100 mL).

The effluent and mixed liquor were collected from the permeate and the nitrification
tank, respectively, of a full-scale MBR located in northern Italy, and frozen at −20 ◦C until
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their use. Both the MBR permeate and mixed liquor were autoclaved at 121 ◦C to reduce
any potential biological activity and subsequently filtered through paper filters (Lab Expert,
KEFO d.o.o, Croatia) to remove any particulate matter. Filters from the mixed liquor were
air dried for 24 h and scrapped to obtain dry sludge. To ensure that all the glass beakers on
which the adsorption experiments were conducted contained the same amount of mixed
liquor suspended solids (MLSS), a certain amount (120 mg) of dry sludge was added to
each glass baker. The resulting MLSS concentration in the mixed liquor was 6 g/L, a
concentration commonly found in real WWTPs.

3.3. Batch Adsorption Experiments

Experiments were conducted in triplicate using 20 mL of pharmaceutical solutions
in each glass beaker. The glass beakers were sealed with parafilm to avoid evaporation.
All experiments were performed in triplicate using an incubator shaker at 150 rpm and a
constant temperature of 25 ◦C (Innova 4080, New Brunswick Scientific, Edison, NJ, USA),
which enabled continuous contact between the compounds and the activated carbon. To
avoid photodegradation, all experiments were performed in darkness.

Preliminary experiments were conducted to determine the contact time necessary to
reach the equilibrium between the PAC and the target pharmaceutical in ultra-pure water.
Three different concentrations of target pollutants were tested (5, 15 and 25 mg/L). The
PAC was agitated in the solutions for 10, 20, 30, 40 and 50 min and 1, 2, 4, 6, 12, 18 and 24 h
at a constant temperature (25 ◦C). Two PAC concentrations (0.1 g/L and 1 g/L) were tested
in each target compound individually, and 0.1 g/L of PAC was also tested in the mixture
of the three pharmaceuticals. The results of the preliminary experiments determined 24 h
to be sufficient time to reach the equilibrium for all three compounds and the mixture.
Based on the results obtained, the sorption kinetics were determined. Kinetics studies were
conducted by applying three different kinetics models: Lagergren pseudo-first-order [58]
(1), pseudo-second-order (2) and intraparticle diffusion model (IPD) (3) [40].

dqe

dt
= k1(qe − qt) (1)

t
qt

=
1

k2q2
e
+

1
qe

t (2)

qt = kidt1/2 + C (3)

where qe and qt are the quantity of solute adsorbed onto the PAC surface (µg/g) at the
equilibrium (qe) and at time t (qt); k1 (1/min), k2 (µg/g min) and kid (µg/g·min1/2) are con-
sidered the Lagergren pseudo-first order, pseudo-second order and IPD rate constants, re-
spectively; and intercept C provides information about the thickness of the boundary layer.

The batch sorption experiments were conducted in 20 mL of pharmaceutical solutions.
For each water matrix, concentrations of pharmaceuticals ranging from 5 to 25 mg/L were
tested to determine the sorption isotherms. PAC was added to the solutions at 0.1, 0.25, 0.5
and 1 g/L in each experiment and placed into agitation for 24 h. Equilibrium adsorption
was studied by applying linear (4), Langmuir (5) and Freundlich (6) isotherm models to the
experimental data,

qe = KdCe (4)

qe= KFC1/n
e

qe = KFC1/n
e

(5)

1
qe

=
1

qm
+

1
KLqmCe

(6)

where qe is the amount of adsorbed compound per mass unit of adsorbent at the equilib-
rium (µg/g); Ce is the equilibrium concentration of the pharmaceutical (mg/mL); Kd is
the distribution coefficient; KF is the Freundlich adsorption constant ((µg/g) (mL/mg)1/n);
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1/n is the heterogeneity constant; qm is the equilibrium sorption capacity, that is, the
maximum amount of OMP to be adsorbed by the activated carbon (µg/g); and KL is the
adsorption constant for Langmuir isotherms and is related to the sorption bonding energy
(L/mg). Based on the four water matrices previously described, different experiments were
conducted. Firstly, the pharmaceuticals were tested individually in each water matrix to
compare the effect of the DOM (measured as DOC) in the adsorption process (ultra-pure
water, humic acid solution, MBR permeate and mixed liquor). Secondly, sorption experi-
ments were conducted in ultra-pure water with a mixture of the three target compounds
(DCF, SMX and TMP) at the previously selected concentrations to evaluate the interaction
and competition among the pharmaceuticals. Then, the HA solution was used to study
the influence of a pre-equilibrium contact time between the DOM and the pharmaceuticals
prior to the adsorption onto PAC. Pharmaceuticals were added to the HA solution 24 h
before the addition of PAC to simulate their interactions in the sewer and inside the WWTP.
Finally, mixed liquor experiments were performed with the addition of PAC and without
PAC to assess the adsorption of the pharmaceuticals to the MLSS (i.e., added dried sludge).

3.4. HPLC Analysis

Prior to the quantitative analysis of the OMP concentration, glass beakers were de-
canted, and samples were centrifuged at 3500 rpm for 5 min (Hettich EBA 20, Westphalia,
Germany) to subsequently be filtered with a 0.45 µm Nylon syringe filter (Filter-Bio,
Nantong, China). Blank samples containing the corresponding water matrices were also
included in the analysis to act as controls.

The residual pharmaceutical concentration was determined via high-performance
liquid chromatography coupled to a photodiode array detection (HPLC-PDA) (Waters 2795
Separation Module and Waters 2996, Waters Corporation, Milford, MA, USA). A Kinetex
C18 column was used (Phenomenex, 150× 4.6 mm, 5 µm particle size, 100 Å pore size). The
mobile phase contained eluent A, which was composed of 0.1% of formic acid in Milli-Q
water, and solvent B, with 0.1% of formic acid in acetonitrile. The flow rate was 0.5 mL/min
for all the experiments. The column temperature was 20 ◦C. The injection volume for each
sample was 20 µL. Peak wavelengths are 276.9 nm for DCF, 269.8 for SMX and 270.8 nm
for TMP.

Isocratic methods were used to determine the concentrations of individual target
pollutants. For DCF, the volume proportion of eluent A was 35%, and that of eluent B was
65%. For SMX, the proportions were 65% A and 35% B, whereas for TMP, the proportions
were 85% A and 15% B. The total elution time was 10 min. The retention time was 6.5 min,
6 min and 5.6 min for DCF, SMX and TMP, respectively.

For the solution containing the mixture of pharmaceuticals, a method with gradient
elution was developed. The total run time was 25 min, and the flow was kept constant at
0.5 mL/min. It started with a 1 min step gradient with 85% A and 15% B, which was then
maintained as linear for another 5 min. Then, the flow was continued with a 1 min linear
gradient with 65% A and 35% B, which was maintained for another 3 min; a 5 min gradient
with 35% A and 65% B; and a step gradient of 0.1 min back to 85% A and 15% B, which was
maintained for another 4.9 min. The retention time of each compound in the mixture was
6.2 min for TMP, 12.9 min for SMX and 20.2 min for DCF in the gradient elution method.

4. Conclusions

The adsorption of three pharmaceuticals (namely DCF, SMX and TMP) onto PAC was
studied through the use of kinetic and isotherm models in different water and wastewater
matrices. Sorption of the tested pharmaceuticals was proven to be an overall fast process in
ultra-pure water. Kinetics followed a pseudo-second order, suggesting that the sorption
rate is governed by the number of available active sites. Additionally, the boundary layer
effect seems to decrease the adsorption rate as compounds gradually reach the active sites
at the equilibrium. Compared to individual solutions, the rate of the adsorption of the
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compounds in a mixture did not differ; however, a greater adsorption capacity of the PAC
was observed in the individual solutions.

Adsorption of pharmaceuticals onto the PAC surface is a complex process that greatly
depends on physicochemical properties of the investigated compounds and on the ma-
trix where it takes place. Charge, followed by hydrophobicity, determined the rate and
the extent of the adsorption in all the tested matrices, with better results obtained via
TMP (cationic compound), followed by DCF (anionic, hydrophobic) and SMX (anionic,
hydrophilic). The effect of the water matrix varied from compound to compound. Humic
acids appeared to positively affect the affinity for the adsorbent in DCF and SMX, presum-
ably by forming pharmaceutical–HA complexes and by reducing the aggregation of PAC.
Mixed liquor gave the lowest adsorption capacities of PAC, probably due to its complex
nature and the presence of additional suspended solids. The adsorption isotherms also
varied among water matrices. Only Langmuir isotherm explained adsorption in humic acid
solution and Freundlich isotherm in the mixed liquor, whereas both isotherms fitted the
results in ultra-pure water and MBR permeate very well. In this way, DOM and specifically
HAs proved to be beneficial for the adsorption of the selected pharmaceuticals. However,
the effects of the interaction of these elements prior to the addition of the adsorbent did not
have an effect after long contact times (24h). In this way, future work should be focused
on the understanding of the potential interactions between the organic components of the
wastewater that may favor the adsorption of pharmaceuticals onto PAC.
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Abstract: Multiwalled carbon nanotubes (MWCNTs) were modified by oxidation and acidification
with concentrated HNO3 and H2SO4, and the modified multiwalled carbon nanotubes (M-MWCNTs)
and raw MWCNTs were characterized by several analytical techniques. Then the demanganization
effects of MWCNTs and M-MWCNTs were well investigated and elucidated. The experimental data
demonstrated that the adsorption efficiency of Mn(II) could be greatly promoted by M-MWCNTs
from about 20% to 75%, and the optimal adsorption time was 6 h and the optimal pH was 6. The
results of the kinetic model studies showed that Mn(II) removal by M-MWCNTs followed the pseudo-
second-order model. Isothermal studies were conducted and the results demonstrated that the
experimental data fitted well with the three models. The reliability of the experimental results was
well verified by PSO–BP simulation, and the present conclusion could be used as a condition for
further simulation. The research results provide a potential technology for promoting the removal of
manganese from wastewater; at the same time, the application of various mathematical models also
provides more scientific ideas for the research of the mechanism of adsorption of heavy metals by
nanomaterials.

Keywords: M-MWCNTs; Mn(II) removal; kinetic model; isotherm model; PSO-BP model

1. Introduction

Manganese, a heavy metal, is abundant in nature and also plays a significant role
in many important industries [1,2]. However, due to factors such as artificial mining
of mineral resources, illegal discharge of pollutants from factories, and dissolution of
manganese minerals in aquifers caused by changes in ecological environment, the problem
of pollution has become increasingly prominent [3–5]. In recent years, the concentration
of manganese in underground wells in many countries has far exceeded the standards
of the World Health Organization [6–9]. Overexposure to manganese can cause a variety
of negative health effects for humans [10,11], and high manganese content in plants will
lead to crop necrosis and cotton wrinkling, thus affecting the food and textile industry [12].
Studies have shown that in manganese-polluted areas, the soil and groundwater are
usually containing acidic organic matter, so manganese mostly exists in the form of divalent
ions [13–15].

There have been some studies on methods for the removal of manganese from a
solution, such as the oxidation precipitation method [16], the ion exchange method [17],
the reverse osmosis method [18] and the adsorption method, which is the more commonly
used removal method [19–21]. Recently, with the development of nanomaterials, carbon
nanotubes have been reported as the new adsorbents for the removal of heavy metal and
organic pollution, such as chlorobenzenes, herbicides, heavy metal ions (Pb2+ and Ca2+),
and inorganic nonmetallic ions, including F− [22,23].

Due to lower synthesis and purification costs, and easy application to water treat-
ment, multi-walled carbon nanotubes (MWCNTs) are more widely used than single-walled
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carbon nanotubes (SWCNTs) [24]. To improve the removal of heavy metals by carbon
nanotubes, the original MWCNTs usually need to be modified. The ordinary modification
method is to use a strong oxidant to oxidize the MWCNTs under reflux or ultrasonic
conditions [25,26]. This oxidation endows carbon nanotubes with rich, oxygen-containing
groups and exposes the adsorption site [17,27]. Meanwhile, in order to solve complex non-
linear problems in practice, some neural network models, such as artificial neural networks
(ANN) and backpropagation-based training optimization neural networks (BPNN), have
been gradually applied in the field of pollutant removal [28–30].

It has been reported that MWCNTs can adsorb manganese [31], but the removal
efficiency, adsorption mechanism, and related experimental verification work have not
been clearly carried out. Therefore, the objectives of this work are as follows: (1) to modify
raw MWCNTs and to characterize the MWCNTs and M-MWCNTs by SEM, XPS, FT-IR, etc.;
(2) to study the effects of demanganization on MWCNTs and M-MWCNTs with varying pH,
contact time, and temperature; (3) to describe the characteristics of the Mn(II) removal by
the MWCNTs and M-MWCNTs with an adsorption kinetic model and an isotherm model;
and (4) to simulate the adsorption process by using PSO-BP modeling.

2. Results and Discussion
2.1. Characterization of MWCNTs and M-MWCNTs
2.1.1. FT-IR

The most important use of infrared spectroscopy (FTIR) is the structural analysis of
organic compounds [32]. In this research, FT-IR was used to verify the structural analysis of
MWCNTs and M-MWCNTs, and M-MWCNTs were modified by oxidation and acidification.
The FTIR spectra of Figure 1 illustrated that there were functional groups, −OH groups
(3200~3600 cm−1), −C=O− groups (1600 cm−1), and −C–C− groups (1150 cm−1), on
the external and internal surface of MWCNTs and M-MWCNTs [33]. The transmittance
(%) of the −OH groups and −C=O− groups in M-MWCNTs were stronger than in raw
MWCNTs; the modification increased the active sites on the surface and further altered
the surface polarity and charges. It is reported that the stretching vibration absorption
peak of −C=O− usually appears in 1755–1670 cm−1. In this study, an absorption peak of
−C=O− is observed at 1623 cm−1. This phenomenon has also shown up in the work of
other researchers [34], possibly because the conjugate effect of carbon nanotubes makes the
absorption of −C=O move to the shortwave direction [35].
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2.1.2. XPS

XPS can be used to analyze elements present on the surface of the sample and bonding
species [36]. The XPS wide-scan spectrum (Figure 2a) shows that the elements present
on the surface of MWCNTs and M-MWCNTs were mainly C and O. New active sites are
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provided, as evidenced by the increased oxygen content of M-MWCNTs. This indicates
that the adsorption capacity of M-MWCNTs for heavy metals will be enhanced [37]. The
increase in O content (from 3.5% to 13.66%) showed that the modification was successful.
Figure 2b shows the fitted XPS spectra of the O1s of M-MWCNTs compared to the reference
XPS of MWCNTs and M-MWCNTs; the experimental data showed that −C=O− groups
(530.7 eV) and −C–O− groups (533.6 eV) were on the surface of the M-MWCNTs.
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2.1.3. SEM

The morphology investigation of MWCNTs and M-MWCNTs was performed using
SEM (Figure 3). Figure 3b shows that the MWCNTs and M-MWCNTs were about 20 nm
in diameter, M-MWCNTs were shorter than MWCNTs, and reunions were more likely to
occur in M-MWCNTs particles, a phenomenon that was consistent with the Zeta potential
results.
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2.1.4. Zeta Potentials

The zeta potentials were measured as a function of pH to determine the pHPZC of
MWCNTs and M-MWCNTs [38]. The results (Figure 4) showed that the zeta potentials of
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MWCNTs and M-MWCNTs decreased with the increasing pH, whereas the zeta potentials
of M-MWCNTs became more negative after the treatment. The zeta potentials of M-
MWCNTs were all less than 0. It can be speculated that the reason for this phenomenon
was the influence of certain groups (−COOH, −OH) [31]. Surface negativity is favorable
for the adsorption of heavy metal ions from the solution by the adsorbent [39].
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2.1.5. Size

Figure 5 shows the size distribution of MWCNTs and M-MWCNTs at pH 6.2. In
general, the dynamic light-scattering results from MWCNTs represent agglomerations
rather than individual nanomaterials [40]. In the measurement process, the agglomeration
of the original MWCNTs leads to a wider particle size distribution and an increase in the
mean value (Figure 5a). This phenomenon becomes more obvious over time (Figure 5a
blue line). The average particle size of M-MWCNTs treated with mixed acid decreased,
and the result of the three measurements was close to 193.5, indicating that the stability of
carbon nanotubes in an aqueous solution was significantly improved. It is remarkable that,
compared with the raw M-MWCNTs, the particle size of the M-MWCNTs with adsorbed
Mn(II) was increased significantly; the average hydrated particle size increased from
193.5 nm to 320 nm.
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2.2. Effect of Contact Time

The effect of contact time was studied under the following conditions: agitation speed,
180 rpm; adsorbent, 20 mg; initial concentration, 5 mg/L; pH, 5.6; temperature, 25 ◦C; and
the mass ratio of adsorbent in solution was 1 g/L. The results are presented in Figure 6.

143



Molecules 2023, 28, 1870

It can be observed that the adsorption of Mn(II) onto the MWCNTs reached equilibrium
rapidly within 1 h, but the removal efficiency of Mn(II) was low (27.9%). The adsorption of
Mn(II) by M-MWCNTs increased rapidly in the first 30 min, then increased at a slower rate
and reached equilibrium at 6 h. This result is corroborated in the literature [31].
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2.3. Effect of pH

The effect of pH on the demanganization by MWCNTs and M-MWCNTs is shown
in Figure 7. The pH value varied from 2 to 9, contact time was 10 h, mass of adsorbent
was 20 mg, concentration of Mn(II) was 5 mg/L, agitation speed was 180 rpm, the mass
ratio of adsorbent in solution was 1 g/L, and the experimental temperature was 25 ◦C. The
results indicated that the removal efficiency of Mn(II) increased. When the pH value is
higher than 9, Mn(II) should be formed and Mn(OH)2 can even be precipitated [41]. In
addition, under acidic conditions, H+ ions compete for the active sites with Mn(II) ions.
As the pH increases, the concentration of H+ ions decreases, leaving more adsorption
sites for Mn(II) ions. As the pH continues to increase, the Mn(II) is hydrolyzed, forming
Mn(OH)+, Mn(OH)2, Mn2(OH)+

3, and Mn(OH)−4. When pH > 8, the Mn(II) begins to form
a precipitate [42].
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When pH < 3, the adsorption rate of Mn(II) onto raw MWCNTs is close to 0. In the
strong acid solution, the adsorption effect of raw MWCNTs on Mn(II) was inhibited, mainly
due to a competitive effect between H+ and Mn2+ at the active site. The zeta potential
results also support this conclusion; experimental zeta potential results showed that the
zeta potential of the raw MWCNTs was positive in a solution of pH < 3 [43].
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2.4. Kinetic Modeling

The results of the three kinetic models are shown in Figure 8a,b, and the parameters
are shown in Table 1. The results revealed that the adsorption of Mn(II) onto MWCNTs and
M-MWCNTs followed second-order kinetics, which suggests that the adsorption process
before both is chemical adsorption. The fitting line of the Weber–Morris model (Figure 8c)
showed that the adsorption of Mn(II) onto MWCNTs and M-MWCNTs could be described
in two or three stages, indicating that the Mn(II) adsorption process is controlled by some
diffusion mechanisms, probably including an intra-particle diffusion mechanism, bulk
diffusion, and film diffusion mechanisms.
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Table 1. Pseudo-first-order, pseudo-second-order and intra-particle diffusion model constants for
Mn(II) adsorption by MWCNTs and M-MWCNTs.

Model Parameter MWCNTs M-MWCNTs

qe.experiment 0.278 3.74

Pseudo-first-order
model

qe.calculate (mg/g) 0.229 1.16
kf (1/min) 0.0433 0.019

R2 0.889 0.898

Pseudo-second-order
model

qe.calculate (mg/g) 0.279 3.76
ks (1/min) 4.12 0.030

R2 0.999 0.999

Weber–Morris
kw / /
C / /
R2 / /

2.5. Isotherm Modeling

The results of experimental data fitting to three adsorption isotherm models for Mn(II)
are presented in Table 2 and Figure 9.

Table 2. Isotherm parameters and determination coefficients for Mn(II) adsorption by MWCNTs and
M-MWCNTs.

Model Parameter MWCNTs M-MWCNTs

Langmuir isotherm

qmax1 (mg/g) 0.585 5.78
b (L/mg) 0.249 1.19

RL (L/mg) 0.801 0.456
R2 0.989 0.999

Freundlich isotherm
Kf (mg/g (L/mg)1/n) 0.159 3.96

1/n 0.344 0.009
R2 0.978 0.872

Dubinin–
Radushkevich

qmax2 (mg/g) 1.4083 7.43
β 0.0030 0.0009

ES 12.95 23.64
R2 0.989 0.913
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Figure 9. Isotherm models for Mn(II) adsorption by MWCNTs and M-MWCNTs. (a) Langmuir,
(b) Freundlich, and (c) D–R.

The adsorption of Mn(II) by MWCNTs simultaneously conformed to three models; all
the values of R2 were >0.97 in the three isotherms. This indicated that the adsorption of
Mn(II) by MWCNTs was complex and contained a variety of mechanisms under experi-
mental conditions; the adsorption process had both monolayer and inhomogeneous surface
chemisorption. As for M-MWCNTs, the R2 of the Langmuir model was close to 1, which is
better than others. This indicated that the adsorption process of Mn(II) by M-MWCNTs was
monolayer adsorption. As the Mn(II) ions attached to the site of M-MWCNTs (−COOH,
−OH), no further adsorption occurred at that site [44]. Consequently, the adsorption
capacity reached the maximum when the monolayer adsorption of Mn(II) ions was com-
pletely formed on the surface. The value of theoretical adsorption capacity calculated for
M-MWCNTs is approximately 10 times higher than that of MWCNTs. The values of RL
were from 0 to 1 for the studied concentration range, which means the adsorption of Mn(II)
by M-MWCNTs is considered favorable.

Notably, the MWCNT and M-MWCNT results followed the D–R model well (R2 = 0.989
and 0.913, respectively). The value of ES indicated that the MWCNT adsorption process
was mainly ion-exchange adsorption, while that of M-MWCNTs was mainly chemical
adsorption [45].

2.6. PSO–BP Modeling

In this study, 35 and 39 sets of experiments were designed for MWCNTs and M-
MWCNTs, respectively, and each set of experiments was conducted thrice. All data (35 × 3,
39 × 3, Table A1) were used for model fitting in order to reveal the inherent mechanisms
in the process [46]. Imported data were normalized, randomly shuffled, and divided into
three groups for crossover verification (70% for training, 15% testing, and 15% validation).

In Figure 10, two models were developed for adsorption of MWCNTs (Model A)
and M-MWCNTs (Model B), to choose the optimal network structure, 1–14 neurons were
applied in the hidden layer, RMSE and R2 were used to evaluate the effectiveness of PSO-BP,
and in the selected range, Figure 10 shows that the calculated results of the model were
consistent with the experimental data, and for the value of R2, 11 of the 14 neurons had
values around 0.95 in Figure 10a, and 12 of the 14 neurons of values ranged from 0.95 to 1.00
in Figure 10b. For the value of RMSE, in Figure 10a, 11 values were between 2.5–3, and in
Figure 10b, the 10 values ranged from 3–5. The parameters of the PSO–BP model are listed
in Table 3. With this fixed parameter, the optimal weights and biases obtained from the
two PSO–BP models are shown in Table A2. Figure A1 shows the comparison between the
input and output data of two models. The values of R for the training, testing, validation,
and all data of both models were better than 0.97, which demonstrated that the predicted
data agreed well with the experimental data using the PSO–BP model. Most of the data
were distributed on the line of Y = T, indicating good compatibility of the experimental
data with the PSO–BP-forecasted data. To further validate the performance of the model
predictions, the four non-linear statistics of the model were evaluated. The results of the
evaluation (Table 4) demonstrated that the predictions of both models were statistically
significant.
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Figure 10. Variation in RMSE and R2 with number of neurons in hidden layer for Model A (a) and
Model B (b).

Table 3. The parameters of the optimum PSO–BP model.

Parameter Model A: MWCNTs Model B: M-MWCNTs

Number of samples 117 105
Number of hidden layers 1 1

Hidden nodes 4 5
PSO swarm size 50 50

Cognitive component (c1) 1.5 1.49554
Social component (c2) 1.5 1.49554
Number of iterations 1000 1000

Table 4. Nonlinear statistical metrics for validating efficacy of model predictions.

Statistical Metric Model A: MWCNTs Model B: M-MWCNTs

R2 (train/test) 0.962/0.966 0.997/0.995
RMSE (train/test) 2.20/2.26 1.38/1.76
MAE (train/test) 1.404/1.58 0.769/0.909

MAPE 0.074/0.067 0.0202/0.0223

3. Materials and Methods
3.1. Materials

The raw MWCNTs were purchased from COCC (Chengdu Institute of Organic Chem-
istry, Chinese Academy of Science). Using carbon gas as the carbon source, this material
was produced via the CVD (catalytic vapor decomposition) method; its outer diameter
was between 5 and 15 nm, the surface area was in the range of 220–300 m2/g, and the
purity of the material was above 95%, with low metal impurity content and high electrical
conductivity.

Mn(II) stock solution (1000 mg/L) was prepared by dissolving 3.6010 g MnCl2•4H2O
(GR) in 1000 mL of deionized water. All the manganese-containing solutions in later exper-
iments were diluted from the stock solution. The concentration of Mn(II) was determined
by atomic absorption spectrometry (WFX120).

3.2. Preparation of M-MWCNTs

A total of 5 g of raw MWCNTs was added to a 120 mL mixture of HNO3 (68%) and
H2SO4 (98%) (v/v 1:3). The mixture was sonicated at 40 ◦C for 4 h and stirred at room
temperature for 24 h, so that the MWCNTs were fully in contact with the oxidant and
were oxidized. The resulting MWCNTs were separated from the solution using a 0.22 µm
membrane filter, rinsed thoroughly with deionized water to remove excess acid, and then
rinsed with anhydrous ethanol to accelerate drying. The obtained sample was dried at
65 ◦C for 24 h. Figure 11 shows the preparation of M-MWCNTs.
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3.3. Characterization Analysis Methods

The FT-IR spectra of the dried samples were determined by an IRTracer 100 FTIR
spectrometer (Shimadzu, Japan), using the potassium bromide powder method. The range
of scanning was 4000–350 cm−1 and the resolution was set to 4 cm−1.

XPS (X-ray photoelectron spectroscopy) was performed to investigate the creation
of ionic networks between MWCNTs and M-MWCNTs on ESCALAB Xi+. The main
parameters were spatial resolution (1 µm) and energy resolution (0.48 eV). The sample
needed to be pressed before testing.

SEM (scanning electron microscopy, Zeiss Ultra Plus) was used to detect the surface
morphology of the MWCNTs and M-MWCNTs [47] and the micro area constitution of
materials was analyzed using Oxford X-Max 50 mm Energy Disperse Spectroscopy (EDS).

A Malvern Zetasizer Ultra was used to measure the particle sizes and zeta potentials
of MWCNTs and M-MWCNTs. The samples were dispersed by ultrasonication for 20 min
before measurement.

3.4. Batch Experiments

Adsorption experiments. A total of 20 mg MWCNTs and 20 mg M-MWCNTs were
separately mixed with 20 mL of Mn(II) solution in a polypropylene centrifuge tube of
50 mL. The initial Mn(II) concentration was 5, 10, 20, 50, 80, and 100 mg/L, while the initial
pH value was from 5.6 to 5.2. The mixture was shaken for 10 h and 25 ◦C at 180 rpm, then
filtered using a 0.22 µm membrane filter.

Adsorption thermodynamics experiments. The temperature was set at 25, 35, 45, and
55 ◦C, and the contact time for adsorption kinetics was controlled from 5 min to 24 h.
To study the effect of pH, the pH value was adjusted using sodium hydroxide solution
(0.01~0.1 mol/L) and hydrochloric acid solution (0.01~0.1 mol/L).

3.5. Theory
3.5.1. Kinetic Modeling

The pseudo-first-order model, pseudo-second-order model, and Weber–Morris model
were the kinetic models used to describe the mechanism of Mn(II) adsorption onto MWC-
NTs and M-MWCNTs. The pseudo-first-order kinetic model can be used to fit the materials
with fewer active sites, higher initial adsorption concentration and the adsorption process
in the early stage, while the pseudo-second-order kinetic model is just the opposite [48].
Pseudo-first-order and pseudo-second-order dynamics models belong to empirical models.
They are simple to calculate, but they fail to explain the adsorption process in terms of
mechanism. A Weber–Morris dynamics model has been put to use in the adsorption of
metal ions by many scholars [49]. It can be used to analyze the rate-controlling steps of the
adsorption reaction, which can guide the adsorption process.
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The pseudo-first-order model, which is widely used in kinetic adsorption simulation,
is based on the assumption that adsorption is controlled by diffusion steps [50]. Equation (1)
describes this model, where qe is the equilibrium absorption capacity, qt is the absorption
capacity at time t, and k f is the rate constant. Equation (2) is the integrated form.

(dqt)/dt = k f (qe − qt) (1)

log(qe − qt) = log(qe)− k f t/2.303 (2)

The pseudo-second-order kinetic model assumes that the adsorption rate is deter-
mined by the square value of the number of vacant adsorption spots on the adsorbent
surface, and the adsorption process is controlled by the chemisorption mechanism, which
involves electron sharing or electron transfer between the adsorbent and the adsorbate [51].
Equation (3) describes this model, in which qe is the equilibrium absorption capacity, qt
is the absorption capacity at time t, and ks is the constant. Equations (4) and (5) are the
integrated forms.

(dqt)/dt = ks(qe − qt)
2 (3)

1/(qe − qt) = 1/qe + kst (4)

t/qt = 1/ksqe
2 + t/qe (5)

The Weber–Morris dynamics model is a particle diffusion model (Equation (6)) [52,53].
The model is the most suitable for describing the dynamics of the material diffusion process
inside the particle, but it is often not suitable for describing the diffusion process outside
the particle and inside the liquid film.

qt = kwt1/2 (6)

In Equation (6), qt is the absorption capacity and kw is the rate constant.

3.5.2. Isotherm Modeling

The adsorption isotherm model is a mathematical model that expresses the relationship
between the adsorption capacity and the solution concentration under the condition of fixed
temperature. Different types of mathematical expression have been proposed and each has
its own scope of application; commonly used expressions are the Langmuir, Freundlich,
and Dubinin–Radushkevich isotherm models.

The Langmuir model assumes that the appearance of the adsorbent is uniform and
there is no interaction between adsorbents. The adsorption is monolayer adsorption, and
the adsorption occurs only on the outer surface of the adsorbent. The Langmuir isothermal
adsorption model was the first model to vividly describe the adsorption mechanism [54].
Equations (7) and (8) describe the linearized form [55], where qe is the equilibrium ab-
sorption capacity, Ce is the equilibrium concentration, qm is the maximum equilibrium
absorption capacity, and b is the Langmuir rate constant.

qe =
qmbCe

1 + bCe
(7)

Ce

qe
=

1
qmb

+
1

qm
Ce (8)

Equation (9) is the essential expression for the Langmuir model, and it is easy to
estimate the characteristics of adsorption.

RL =
1

1 + bC0
(9)

RL is a dimensionless constant and C0 is the concentration of the Mn(II) solution. RL
values between 0 and 1 indicate favorable adsorption [56].
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The Freundlich model can be applied to monolayer adsorption and heterogeneous
surface adsorption. Not only can the Freundlich adsorption equation describe the ad-
sorption mechanism of an uneven surface, it is also more suitable for adsorption at low
concentrations. It can explain the experimental results over a wider range of concentration.
The Freundlich isotherm (Equations (10) and (11)) [57] can be expressed as:

qe = K f Ce
1/n (10)

lnqe = lnK f +
1
n

lnCe (11)

where qe is the equilibrium absorption capacity, Ce is the equilibrium concentration, K f is
the Freundlich constant, and the n value ranges from 1 to 10.

In order to describe the relative pressure–adsorption capacity characteristics of mi-
croporous filling, Dubinin and Radushkevich proposed a method, based on the Polanyi
adsorption potential theory, to calculate the adsorption characteristics based on the adsorp-
tion isotherm in the low-pressure region. The Dubinin–Radushkevich (D-R) isotherm is
shown in Equation (12) [58]:

lnqe = lnqm − Kε2 (12)

ε = RTln(1 + 1/Ce) (13)

where qe is the absorption capacity, qm is the theoretical adsorption capacity, Ce is the
equilibrium concentration, and K is the D-R constant.

In order to describe the calculation results of this model more easily, the relationship
between the free adsorption energy, Es, and the constant, K, is given as Equation (14). The
value of Es determines the mechanism of isothermal adsorption.

Es = (2K)−0.5 (14)

If the value of Es is between approximately 8 and 16 kJ/mol, it shows that the main
process of adsorption is ion exchange, whereas if the value Es is more than 18 kJ/mol, it
means the adsorption is chemisorptive in nature.

3.5.3. PSO-BP Modeling

Since Warren McCulloch and Walter Pitts introduced the concept of artificial neural
networks (ANN) in 1943, ANN have evolved rapidly and have been successfully applied
in many fields [59]. Backpropagation-based training-optimization neural networks (BPNN)
are the most extensively utilized neural networks in practice and are capable of solving
complex nonlinear problems. BPNN also have a wide range of applications in the field of
pollutant removal [28–30]. BPNN require constant exploration of different combinations of
weights and biases to obtain ideal results. Particle swarm optimization (PSO) algorithms are
widely used for this work. PSO is a stochastic search algorithm that simulates the predatory
behavior of birds. A set of optimal solutions was obtained from the PSO algorithm by
tracking the constantly moving particles.

In this study, a BPNN model optimized by PSO (PSO–BP) was used to predict the
adsorption of Mn onto two carbon materials. This process was implemented with Mat-
lab2016a software. A standard BPNN network with one input layer, one hidden layer,
and one output layer was created by calling on the software’s own “newff” function. The
backpropagation algorithm, which was applied to determine the most favorable network
structure, selected Levenberg–Marquardt (trainlm) with 1000 iterations. The input layer
contains four neurons (pH, manganese concentration, time, and temperature). The output
is the percentage of Mn(II) removed. Owing to the small amount of data, the network
uses just one hidden layer to avoid overfitting [60] and uses a tangent sigmoid function
(tansig) as the activation function, whereas the output layer uses a linear function (purlin)
as the transfer function. PSO uses the weights and MSE of the network as the particle and
fitness functions, respectively, to learn and iterate. After each iteration, the new particles are
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transformed into the weights of the neural network; the network computes a new MSE and
continues to iterate until the result is ideal or the number of iterations reaches a maximum.

The results of the model calculations are evaluated by the following equations
(Equations (15)–(18)):

R2 = 1 −
∑n

i=1

(
yprd,i − yexp,i

)2

∑n
i=1

(
yprd,i − ym

)2 (15)

RMSE =

√
1
n∑n

i=1

(
yprd,i − yexp,i

)2
(16)

MAE =
1
n∑n

i=1

∣∣∣yprd,i − yexp,i

∣∣∣ (17)

MAPE =
100%

n ∑n
i=1

∣∣∣∣∣
yprd,i − yexp,i

yexp,i

∣∣∣∣∣ (18)

where yprd,i is the value calculated using the PSO–BP model, yexp,i is the experimental
value, n is the number of data, and ym is the average of the experimental value.

4. Conclusions

Compared with previous studies, the Mn(II)-removal performance by M-MWCNTs
was improved [31]. Through the comparative analysis of several analytical techniques
results before and after modification, as well as the fitting of thermodynamic and kinetic
adsorption models, it was concluded that the increased number of adsorption sites (carboxyl
groups and hydroxyl groups) after modification was the key to improving the removal rate.
Additionally, the simulation verification of the experimental results by PSO–BP model also
provided a scientific guarantee for the reliability of the entire research work.
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Appendix A

Table A1. (a) Data used for model A. (b) Data used for model B.

(a)

No. pH C/mg/L Time/h T/K Adsorption
Rate %

1 2.18 5 180 298 0.4

2 3.23 5 180 298 0.6

3 4.17 5 180 298 20.4

4 5.15 5 180 298 23.5

5 6.17 5 180 298 28.5

6 7.18 5 180 298 28.31

7 8.25 5 180 298 30.4

8 5.58 1 180 298 58

9 5.58 2 180 298 42

10 5.58 5 180 298 28.6

11 5.58 10 180 298 9.6

12 5.58 20 180 298 11

13 5.58 50 180 298 6.5

14 5.58 5 5 298 22.2

15 5.58 5 10 298 25.8

16 5.58 5 20 298 26.8

17 5.58 5 30 298 28

18 5.58 5 60 298 27

19 5.58 5 180 298 28.6

20 5.58 5 180 298 28.2

21 5.58 10 180 298 15.99

22 5.58 20 180 298 11.01

23 5.58 50 180 298 5.45

24 5.58 5 180 308 29.34

25 5.58 10 180 308 16.61

26 5.58 20 180 308 12.38

27 5.58 50 180 308 5.89

28 5.58 5 180 318 29.6

29 5.58 10 180 318 18.01

30 5.58 20 180 318 14.95

31 5.58 50 180 318 6.7

32 5.58 5 180 328 32.45

33 5.58 10 180 328 18.59

34 5.58 20 180 328 15.22

35 5.58 50 180 328 7.03

36 2.18 5 180 298 0.4

37 3.23 5 180 298 0.58
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Table A1. Cont.

(a)

No. pH C/mg/L Time/h T/K Adsorption
Rate %

38 4.17 5 180 298 19.4

39 5.15 5 180 298 23.18

40 6.17 5 180 298 27.5

41 7.18 5 180 298 28.5

42 8.25 5 180 298 31

43 5.58 1 180 298 59

44 5.58 2 180 298 43

45 5.58 5 180 298 26.2

46 5.58 10 180 298 29.6

47 5.58 20 180 298 10.75

48 5.58 50 180 298 6

49 5.58 5 5 298 26.4

50 5.58 5 10 298 25.2

51 5.58 5 20 298 23.8

52 5.58 5 30 298 27.6

53 5.58 5 60 298 27

54 5.58 5 180 298 26.2

55 5.58 5 180 298 27.8

56 5.58 10 180 298 15.45

57 5.58 20 180 298 11.05

58 5.58 50 180 298 5.59

59 5.58 5 180 308 28.5

60 5.58 10 180 308 17.12

61 5.58 20 180 308 12.51

62 5.58 50 180 308 6.05

63 5.58 5 180 318 29.8

64 5.58 10 180 318 17.8

65 5.58 20 180 318 14.5

66 5.58 50 180 318 6.58

67 5.58 5 180 328 32.5

68 5.58 10 180 328 18.51

69 5.58 20 180 328 15.1

70 5.58 50 180 328 7.22

71 2.18 5 180 298 0.4

72 3.23 5 180 298 0.51

73 4.17 5 180 298 24.2
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Table A1. Cont.

(a)

No. pH C/mg/L Time/h T/K Adsorption
Rate %

74 5.15 5 180 298 23.8

75 6.17 5 180 298 28.1

76 7.18 5 180 298 28.2

77 8.25 5 180 298 31.6

78 5.58 1 180 298 49

79 5.58 2 180 298 40.5

80 5.58 5 180 298 28.6

81 5.58 10 180 298 8.6

82 5.58 20 180 298 11.5

83 5.58 50 180 298 4

84 5.58 5 5 298 25.6

85 5.58 5 10 298 24.8

86 5.58 5 20 298 27

87 5.58 5 30 298 24.8

88 5.58 5 60 298 29.6

89 5.58 5 180 298 28.6

90 5.58 5 180 298 27.6

91 5.58 10 180 298 16.5

92 5.58 20 180 298 10.9

93 5.58 50 180 298 5.5

94 5.58 5 180 308 28.2

95 5.58 10 180 308 16.98

96 5.58 20 180 308 12.63

97 5.58 50 180 308 6.09

98 5.58 5 180 318 28.6

99 5.58 10 180 318 17.1

100 5.58 20 180 318 14

101 5.58 50 180 318 6.04

102 5.58 5 180 328 32.49

103 5.58 10 180 328 18.58

104 5.58 20 180 328 14.8

105 5.58 50 180 328 7.31

(b)

No. pH C/mg/L Time/h T/K Adsorption
Rate %

1 2.36 5 1440 298 5.6

2 3.38 5 1440 298 37.8

3 4.32 5 1440 298 57

4 5.31 5 1440 298 74.3
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Table A1. Cont.

(b)

No. pH C/mg/L Time/h T/K Adsorption
Rate %

5 6.3 5 1440 298 76.1

6 7.37 5 1440 298 75.6

7 8.32 5 1440 298 77.8

8 5.58 5 1440 298 75.8

9 5.58 10 1440 298 48.8

10 5.58 20 1440 298 27.6

11 5.58 50 1440 298 12.4

12 5.58 80 1440 298 11.8

13 5.58 100 1440 298 5.69

14 5.58 5 5 298 38.2

15 5.58 5 10 298 39.2

16 5.58 5 20 298 53.6

17 5.58 5 30 298 64

18 5.58 5 60 298 64.4

19 5.58 5 180 298 68.8

20 5.58 5 300 298 69.8

21 5.58 5 420 298 75.8

22 5.58 5 600 298 75.8

23 5.58 5 1440 298 75.8

24 5.58 5 1440 298 75.1

25 5.58 10 1440 298 47.1

26 5.58 20 1440 298 27.5

27 5.58 50 1440 298 11.4

28 5.58 5 1440 308 77.2

29 5.58 10 1440 308 49.8

30 5.58 20 1440 308 29

31 5.58 50 1440 308 12.4

32 5.58 5 1440 318 80.4

33 5.58 10 1440 318 50.9

34 5.58 20 1440 318 30

35 5.58 50 1440 318 12.4

36 5.58 5 1440 328 81

37 5.58 10 1440 328 52

38 5.58 20 1440 328 30.4

39 5.58 50 1440 328 13

40 2.36 5 1440 298 7.6

41 3.38 5 1440 298 38.6

42 4.32 5 1440 298 58.4

43 5.31 5 1440 298 73.8
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Table A1. Cont.

(b)

No. pH C/mg/L Time/h T/K Adsorption
Rate %

44 6.3 5 1440 298 76.3

45 7.37 5 1440 298 75.4

46 8.32 5 1440 298 77.9

47 5.58 5 1440 298 77

48 5.58 10 1440 298 47

49 5.58 20 1440 298 27.4

50 5.58 50 1440 298 10.4

51 5.58 80 1440 298 10.2

52 5.58 100 1440 298 5.8

53 5.58 5 5 298 37.8

54 5.58 5 10 298 39.2

55 5.58 5 20 298 62.4

56 5.58 5 30 298 61.8

57 5.58 5 60 298 63.5

58 5.58 5 180 298 68.5

59 5.58 5 300 298 72

60 5.58 5 420 298 72.5

61 5.58 5 600 298 74.2

62 5.58 5 1440 298 74.2

63 5.58 5 1440 298 74.8

64 5.58 10 1440 298 47.8

65 5.58 20 1440 298 27.29

66 5.58 50 1440 298 11.41

67 5.58 5 1440 308 77.8

68 5.58 10 1440 308 49.8

69 5.58 20 1440 308 28.8

70 5.58 50 1440 308 11.9

71 5.58 5 1440 318 79.8

72 5.58 10 1440 318 51.2

73 5.58 20 1440 318 30.1

74 5.58 50 1440 318 12.5

75 5.58 5 1440 328 81.5

76 5.58 10 1440 328 51.1

77 5.58 20 1440 328 30.5

78 5.58 50 1440 328 13.1

79 2.36 5 1440 298 6.4

80 3.38 5 1440 298 39.2

81 4.32 5 1440 298 58.2

82 5.31 5 1440 298 74.5

83 6.3 5 1440 298 75.9
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Table A1. Cont.

(b)

No. pH C/mg/L Time/h T/K Adsorption
Rate %

84 7.37 5 1440 298 75.2

85 8.32 5 1440 298 77.8

86 5.58 5 1440 298 74.6

87 5.58 10 1440 298 46.2

88 5.58 20 1440 298 28

89 5.58 50 1440 298 11.3

90 5.58 80 1440 298 10.6

91 5.58 100 1440 298 5.71

92 5.58 5 5 298 39.2

93 5.58 5 10 298 39.6

94 5.58 5 20 298 53

95 5.58 5 30 298 63.6

96 5.58 5 60 298 64.4

97 5.58 5 180 298 69

98 5.58 5 300 298 71.6

99 5.58 5 420 298 74.6

100 5.58 5 600 298 74.4

101 5.58 5 1440 298 74.5

102 5.58 5 1440 298 74.9

103 5.58 10 1440 298 47.1

104 5.58 20 1440 298 27.5

105 5.58 50 1440 298 11.39

106 5.58 5 1440 308 77.3

107 5.58 10 1440 308 49.8

108 5.58 20 1440 308 29.1

109 5.58 50 1440 308 11.7

110 5.58 5 1440 318 78.9

111 5.58 10 1440 318 51

112 5.58 20 1440 318 30

113 5.58 50 1440 318 12.3

114 5.58 5 1440 328 81.2

115 5.58 10 1440 328 51.6

116 5.58 20 1440 328 30.6

117 5.58 50 1440 328 13.1
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Table A2. (a) Model A 4-4-1 topology—optimal weights and biases. (b) Model B 4-5-1 topology—
optimal weights and biases.

(a)

Input (4)-Hidden Layer (4) Hidden Layer (4)-Output (1)

Weights Bias Weights Bias

−0.0021 −0.0998 0.0628 0.1912 −0.4088 −0.5668

−0.1690
−0.3308 −0.3013 0.0358 −0.0908 −0.3962 0.2999
−0.1177 0.7891 0.1748 0.2355 −0.3528 −0.3022
−0.2683 0.1825 0.0773 −0.4901 0.1691 −0.0722

(b)

Input (4)-Hidden Layer (5) Hidden Layer (5)-Output (1)

Weights Bias Weights Bias

0.8852 −0.6705 −0.3712 0.0612 0.2464 0.1556

−0.3376
0.2801 0.1780 0.1084 −0.4348 0.3055 1
−0.1308 0.4948 −0.0209 0.0709 −0.0502 0.3046
−0.9012 −0.2605 −0.4838 −0.8644 0.2783 −0.4782
0.6520 −1 −0.7253 0.1455 0.6593 −0.2843
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Abstract: Herein, a molecularly imprinted polymer (MIP) was prepared using bulk polymer-
ization and applied to wastewater to aid the adsorption of targeted template molecules using
ethylene glycol dimethacrylate (EGDMA), methacrylic acid (MAA), acid black-234 (AB-234), 2,2′-
azobisisobutyronitrile (AIBN), and methanol as a cross linker, functional monomer, template, initiator,
and porogenic solvent, respectively. For a non-molecularly imprinted polymer (NIP), the same proce-
dure was followed but without adding a template. Fourier-transform infrared spectroscopy (FT-IR),
scanning electron microscopy (SEM), and a surface area analyzer were used to determine the surface
functional groups, morphology and specific surface area of the MIP and NIP. At pH 5, the AB-234
adsorption capability of the MIP was higher (94%) than the NIP (31%). The adsorption isotherm data
of the MIP correlated very well with the Langmuir adsorption model with Qm 82, 83 and 100 mg/g at
283 K, 298 K, and 313 K, respectively. The adsorption process followed pseudo–second-order kinetics.
The imprinted factor (IF) and Kd value of the MIP were 5.13 and 0.53, respectively. Thermodynamic
studies show that AB-234 dye adsorption on the MIP and NIP was spontaneous and endothermic.
The MIP proved to be the best selective adsorbent for AB-234, even in the presence of dyes with
similar and different structures than the NIP.

Keywords: adsorption; acid black-234 dye; environment; selectivity

1. Introduction

The annual productivity of dyes is estimated to be one million tons. Textile industry
produces large amount of dirty effluent through dyeing, washing, and other procedures.
Synthetic dyes are the most dangerous compounds in wastewater because they are fre-
quently made synthetically and have intricate aromatic structures that demonstrate light,
oxidation, heat, and water stability. Dyes induce a variety of conditions, including cancer,
allergies, mutation, dermatitis, and skin irritation. Therefore, removing dyes and other
pollutants from the environment is critical for preventing contamination [1]. The quantity
of dyes released into the water, on the other hand, prevents deoxygenating capacity and
sunshine; therefore, aquatic life and biological activities are affected [2]. The dyes used
nowadays are generally cancer-causing and have negative environmental consequences [3].
These dyes are made up of an aromatic chemical and a metal, and their photosynthetic
activities are harmful. The majority of mutagenic activities are linked to colors (dye) used in
the textile industry [4]. For the treatment of textile wastewater, both physical and chemical
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methods are used. These procedures include oxidation, membrane technology, floccula-
tion, coagulation, and adsorption, all of which are expensive and may result in secondary
contamination as a result of excessive chemical usage. Other less expensive procedures
for decolorization include ozonation, electrochemical destruction, and photo catalysis [5].
The most practical way to remove dye is biological therapy, which uses a large number
of microorganisms in the declaration and mineralization of a variety of colors. It is quite
inexpensive, and the end result of biological treatment is non-toxic. However, because of
the limited biodegradability of dyes, there is less flexibility in design and operation [6]. As
a result, adsorbents such as activated carbon are employed for dye, although they are not
commonly used because of their expensive cost. Peat plum kernels, wood coal resin, and
chitosan fiber are some of the adsorbents employed in different industrial pollutants. Few of
these adsorbents are widely accessible and inexpensive, but they cannot completely remove
dyes such as activated carbon; therefore, it is necessary to develop low-cost adsorbents that
may be utilized in place of activated carbon [7–9].

To conclude, a molecularly imprinted polymer (MIP) is the best choice for removing
dyes from a variety of sources because of its specificity and selectivity, as well as its low cost
and simplicity of preparation. Making a molecularly imprinted polymer (MIP) involves
combining a template molecule with a functional monomer in the presence of an initiator
and a cross linker to generate a polymer that is extremely specific and selective to the
template molecules. After washing, cavities comparable in shape and size to the template
molecules are generated from the polymerization of monomers and the cavities left in the
polymer matrix. Because of their great selectivity even in complicated samples, MIPs used
in dyes are utilized as a sorbent for solid phase extraction [10].

The most commercial application of an MIP is in the sample preparation for envi-
ronmental, food analysis and environmental analysis. Clenbuterol solid-phase extraction
(SPE) material is currently available from a Swedish manufacturer [11]. MIPs are popular
recognition elements in sensors, and many transducers are employed in conjunction with
it [12]. The quartz crystal microbalance, an acoustic transducer sensor, has gained a lot
of popularity due to its inexpensive cost and ease of use [13]. The most often utilized
universal functional monomer for the preparation of an MIP is methacrylic acid (MAA),
and its binding capacity is determined by the bond sites and second pore size of polymeric
substances [14]. Ethylene glycol dimethacrylate (EGDMA) is widely utilized as a cross
linker, and the cross linker influences the hardness, strength, and selectivity of an MIP. The
type and quantity of cross linkers have significant impacts on the polymerization process.
If the amount is modest, an unstable polymer will be developed, while a larger amount will
lower the number of recognition sites [15]. Acetonitrile, chloroform, dichloroethane, and
methanol are among the most often-used solvents for MIP synthesis [16]. The imprinting
efficiency, structural adsorption, and interaction between the functional monomer and
template will all be affected by the porogen solvent. The use of a less polar porogen solvent
promotes the formation of functional-monomer–template complexes, whereas using a
more polar porogen solvent disrupts complex interactions [17]. While azo and analogue
compounds are applied for the synthesis of an MIP, azobisisobutyronitrile (AIBN) is the
best initiator since its decomposition temperature ranges from 50 to 70 ◦C [18].

There are various methods for MIP preparation, such as suspension polymerization,
precipitation, etc., but the most commonly used method for MIP synthesis is bulk polymer-
ization, in which the template is printed in the polymer matrix and the template monomer
must be completely removed after polymerization. To convert an MIP to a tiny powder, me-
chanical breakup and crushing using a mortar and pestle are required [19]. The purpose of
this study was to develop an extremely selective MIP adsorbent for acid black-234 (AB-234)
dye, as well as to explore the selectivity, rebinding, and use of MIPs in various effluents.
The MIP and NIP were produced using bulk polymerization for the rapid determination of
AB-234 dye in water samples, but the AB-234 dye showed more selectively toward the MIP
than NIP due to the recognition property of the MIP network. The adsorptive mechanism
of AB-234 removal by MIP is summarized in Figure 1.

163



Molecules 2023, 28, 1555

Molecules 2023, 28, x FOR PEER REVIEW 3 of 17 
 

 

selectively toward the MIP than NIP due to the recognition property of the MIP network. 
The adsorptive mechanism of AB-234 removal by MIP is summarized in Figure 1. 

 

Figure 1. Adsorptive mechanism scheme of AB-234 dye on an MIP.  

2. Results and Discussion 

2.1. Choice of the Reagents 

For the synthesis of a high-affinity molecularly imprinted polymer (MIP) the fol-

lowing conditions are necessary: 

Polar porogen solvent and template, high nominal level of cross linker for stable 

polymer, and one or more functional monomers [20]. 

2.2. Characterization  

2.2.1. Characterization by SEM 

Scanning electron microscopy (SEM) may be used to determine the size and shape of 

the MIP and NIP. The use of SEM to analyze the MIP and NIP particles has been reported 

in several studies [21,22]. For careful consideration of sample morphology and smooth-

ness, SEM is an essential and valued analytical approach. The morphologies of unwashed 

and washed MIP and NIP samples are shown in Figure 2. The non-covalent precipitation 

polymerization process of the MIP was responsible for permeability smoothness, with an 

extremely small, uniform, spherical, and equal size and shape, while no smoothness was 

observed for the NIP, as shown in the figures. Because the binding kinetic was exposed to 

the surface, the consistent size of the MIP revealed that the sample enabled the removal 

of an efficient template. The unwashed sample dye bonded to the polymer without a 

clear and uniform size and behaved like crystal reagents. 

Figure 1. Adsorptive mechanism scheme of AB-234 dye on an MIP.

2. Results and Discussion
2.1. Choice of the Reagents

For the synthesis of a high-affinity molecularly imprinted polymer (MIP) the following
conditions are necessary:

Polar porogen solvent and template, high nominal level of cross linker for stable
polymer, and one or more functional monomers [20].

2.2. Characterization
2.2.1. Characterization by SEM

Scanning electron microscopy (SEM) may be used to determine the size and shape of
the MIP and NIP. The use of SEM to analyze the MIP and NIP particles has been reported
in several studies [21,22]. For careful consideration of sample morphology and smoothness,
SEM is an essential and valued analytical approach. The morphologies of unwashed and
washed MIP and NIP samples are shown in Figure 2. The non-covalent precipitation
polymerization process of the MIP was responsible for permeability smoothness, with an
extremely small, uniform, spherical, and equal size and shape, while no smoothness was
observed for the NIP, as shown in the figures. Because the binding kinetic was exposed to
the surface, the consistent size of the MIP revealed that the sample enabled the removal of
an efficient template. The unwashed sample dye bonded to the polymer without a clear
and uniform size and behaved like crystal reagents.

2.2.2. Characterization by FTIR

FTIR study was carried out within range of 4000–500 cm−1 and describes the surface
groups of a polymer (MIP) as shown in Figure 3. The starting materials of the MIP and NIP,
such as the functional monomer, cross linker, initiator, etc., were the same. Therefore, the
overall data of both graphs has an approximate similarity. The peaks at 3400 cm−1 and
2900 cm−1 were caused by the presence of OH and CH, respectively, whereas stretching at
1720 cm−1 and 1200 cm−1 was caused by the presence of C=O and C-O, respectively [23,24].
Additionally, the peaks stretching at ~1400 cm−1, ~1300 cm−1, ~1200 cm−1 are caused by the
presence of -CH2, -CH3, and C-O, respectively. The MAA and EGDMA C=C double bond
stretching 1637 cm−1 peak was absent in the MIP and NIP, indicating that polymerization
was successfully carried out.
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Figure 3. FTIR spectra of the MIP (a) and NIP (b).

2.2.3. Brunauer–Emmett–Teller Analysis

The porosity and specific area of a chosen AB-234 molecularly imprinted polymer was
determined via BET analysis. The specific surface area of the MIP was 232.321 m2/g, with
a pore volume of 0.056 cc/g and a pore radius of 12.245 (Å), while the NIP has specific
surface area, volume and pore radius 32.034 m2/g, 0.0074 cc/g, and 3.441 (Å), respectively
as given in Table 1. For the MIP, a greater surface area suggests that unique cavities were
generated for AB-234 identification. The MIP has an enhanced adsorption capability due to
its larger surface area [25]. The volume ratio of the open pore to total volume is referred to
as a particle’s porosity [26]. The template in polymerization has the greatest impact on the
surface area and porosity of the MIP. The wider pore of the MIP indicates that the structure
of the MIP is not more compact compared to the NIP. The typical pore diameter of the MIP
is between 2 and 5 nm, indicating that the polymer is mesoporous [27].

Table 1. BET analysis of MIP.

Polymer Specific Surface Area (m2/g) Pore Volume (cc/g) Pore Radius (Å)

MIP 232.321 0.056 12.245

NIP 32.034 0.0074 3.441

2.3. Effect of Adsorbent Mass and pH

The effect of the adsorbent on the adsorption of acid black-234 dye was investigated,
and the polymer dosage changed from 2 to 12 mg. The adsorption rapidly increased from 2
to 6 mg at beginning for both the MIP and NIP, but no influence on dye adsorption was
observed after 8 mg. Therefore, maximum adsorption (94%) occurred at 8 mg. The pH of
the solution was found to range from 2 to 7. It was observed that adsorption was small at
a low pH and increased with increasing pH; hence, the maximum adsorption (94%) was
recorded at pH 5 as shown in Figure 4. Therefore, this pH was chosen for further study.
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Figure 4. Effect of mass (a), pH (b) and temperature on adsorption of AB-234 dye on the MIP and
NIP (c).

2.4. Contact Time Effect of AB-234 Dye Adsorption on the MIP and NIP

Kinetics is important to for obtaining information regarding the rate controlling and
binding mechanism. Therefore, the contact time was studied as a function of temperature.
The effect of contact time (Figure 5) on adsorption was determined at different times (min),
while keeping other parameters constant (pH, dose, volume). The adoption was studied
at 283K, 298K and 313K, which indicates that the removal of dye is time-dependent for
both the MIP and NIP. The results show a gradual increase in the adsorption of dye in the
MIP when the contact time increased from 5 to 20 min, followed by a considerable increase
in adsorption (94%) at 40 min. After that, no change was observed; therefore, this time
was used throughout the study. In general, the dye adsorption process is divided into
two phases: a rapid initial sorption phase, followed by a protracted period of relatively
slower adsorption [28]. Therefore, initially, uptake of dye was fast, especially during the
first 35 min, most likely due to the exposure of most of the binding sites on the MIP.

2.4.1. Pseudo First Order Kinetic Model

A pseudo–first-order kinetic model provides information about the rate of occupied
and unoccupied sites, in which different parameters were calculated using the following
equation [29]:

log (qe − qt) = log qe − k1
t

2.303
(1)

The amounts of AB-234 dye (mg g−1) adsorbed at time t (min) and at equilibrium are
represented by qt and qe, respectively. The pseudo–first-order constant k1 (min−1) was
calculated using a graphing log (qe − qt) against “t”. Figure 6a describes a pseudo-first
order kinetic model, with various parameters listed in Table 2. The qe (cal) and qe (exp)
do not match; therefore, the values show that the adsorption of acid black-234 dye in the
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MIP does not follow first-order kinetics because the regression coefficient R2 = 0.7037 is far
from unity.
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Table 2. Different kinetic models’ parameters for the adsorption of AB-234 dye on MIP.

Parameters 283 K c 313 K

Pseudo first-order
K1 0.0643 0.0729 0.0841

Qe (calculated) 9.342 11.543 14.768
Qe (experimental) 41.654 42.545 42.653

R2 0.9626 0.9709 0.9799
Pseudo second-order

K2 0.0069 0.0127 0.0141
Qe (calculated) 43.785 44.654 44.876

Qe (experimental) 41.654 42.545 42.653
R2 0.9945 0.994 0.9783

Intraparticle diffusion
Kid (mg/g min−1/2) 3.04 2.32 1.96

C 28.87 34.38 37.083
R2 0.9764 0.9508 0.9683

2.4.2. Pseudo–Second-Order Kinetic Model

Pseudo–second-order kinetic model was used to further analyze the kinetic data. The
given equation shows the linear version of pseudo–second-order kinetic model [30].

t
qt

=
1

k2 qe
2 +

t
qe

(2)

The pseudo–second-order constant k2 (mg g−1 min−1) is computed from the plot of
t/qt vs. “t” in the above equation. The pseudo–second-order model was used to determine
the adsorption of AB-234 dye in the MIP. The R2 value for second-order kinetics is larger
than the value of pseudo–first-order kinetics, and qe (cal) and qe (exp) have a similar
relationship. As a result, we may infer that the pseudo–second-order model’s adsorption
data have the best fit. These kinetic data reveal that AB-234 dye adsorption is affected by
both the adsorbent and the adsorbate because the regression coefficient R2 value 0.9667 is
close to unity. The various parameters obtained from this plot are shown in Table 2 and
Figure 6b, illustrate that the acid black-234 dye follows pseudo–second-order kinetics.

2.4.3. Intraparticle Model

Weber and Morris claim that, instead of the contact period “t”, the sorption capacity
varies according to t1/2 Equation (4) contains the linear expression [31].

qt = kid t1/2 + C (3)

where C is intercept and Kid is the rate constant. Multiple stages are involved in the
adsorption of dye (AB-234) from an aqueous fluid onto the polymer surface. This process
includes the molecular diffusion of sorbate molecules from the bulk phase to the adsorbent
outer surface, also known as film or external diffusion. Internal diffusion occurs in the
second stage, in which sorbate molecules travel from the MIP surface to the interior
locations. The adsorption of sorbate molecules from interior locations to inner pores is the
third phase [32].

Intra particle diffusion plot as shown in Figure 6c; however, it fails to pass from its
origin due to a difference in the rate of mass transfer between the beginning and final
temperatures. Furthermore, such a large divergence from the origin indicates that pore
diffusion is not the primary rate control step [33]. When the value of “C” is compared to
the rate constant, it is clear that intraparticle diffusion is not just a rate-limiting process,
while AB-234 dye adsorption on the MIP is a complicated process governed by surface
sorption and intraparticle diffusion.
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2.5. Binding Isotherm Models of Acid Black-234 Dye Adsorption

The adsorption isotherm provides information about the mechanism of the adsorption
process’. The isotherms are used to classify adsorption systems because they demonstrate
the adsorption process. The monolayer formation is generally defined by the Langmuir
isotherm, and the non-covalent behavior of the MIP is characterized by the Freundlich
model [34]. As a result, the Langmuir and Freundlich isotherms were used to assess the
adsorption data.

2.5.1. Langmuir Model

The Langmuir model describes a monolayer as an adsorbate surface that is uniform
and homogeneous. Adsorption happens at a particular homogenous spot inside the body
of the adsorbent. Equation (4) describes the Langmuir model [35]:

Ce

Qe
=

1
KLQm

+
Ce

Qm
(4)

where Ce (mg-L−1) represents the dye’s liquid-phase equilibrium concentration; Qm
(mg-g−1) represents the adsorbent’s maximum adsorption capacity; KL (L-mg−1) rep-
resents the amount of dye adsorbed, the energy or net enthalpy of adsorption; and Qe
(mg-g−1) represents the quantity of dye adsorbed. Ce/Qe and Ce must have a linear con-
nection with a slope of 1/Qm and an intercept of 1/(Qm KL). Table 3 shows the KL, Qm,
and R2 values derived from the curve (Figure 7a). The MIP has a maximal adsorption
capacity (Qmax) 100 mg g−1 at 313K. The Langmuir model provides the R2 value that best
fits the experimental result as given in Table 3.

Table 3. Parameters of Langmuir and Freundlich models for the adsorption of AB-234 on the MIP.

Parameters 283 K 298 K 313 K

Langmuir model
Qm (mg-g−1) 82.23 83.04 100

KL 0.207 0.125 0.789
R2 0.9862 0.978 0.9844

Freundlich model
Kf (mg-g−1) (L mg-g−1) 3.008 10.543 12.68

1/n 0.6497 0.653 0.7893
R2 0.9358 0.9406 0.9355
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2.5.2. Freundlich Model

The adsorption characteristics of multilayer and heterogeneous surfaces with uneven
adsorption sites and unusually accessible adsorption energy were determined using the
Freundlich isotherm. The Freundlich isotherm model equation is shown below [36].

ln qe = ln Kf +
1
n

ln Ce (5)

where Ce (mg-L−1) is the liquid phase concentration at equilibrium, qe mg-g−1 is the dye
adsorption quantity, Kf (mg-g−1) is a relative indication of adsorption capacity, and 1/n
is the surface heterogeneity factor indicating adsorption type. For favorable adsorption,
the 1/n ratio should be less than 1, whereas for unfavorable adsorption, the value should
be larger than 1, indicating poor bond adsorption [37]. Figure 7b depicts the Freundlich
model, while Table 3 lists the various parameters.

2.6. Thermodynamic Study

Thermodynamic experiments were conducted to examine the dye (AB-234) adsorption
process on the MIP. In this study, a significant judgment must be made on whether the
mechanism is spontaneous or not. The following equation was used to determine many
thermodynamic parameters, including standard free energy (G◦), enthalpy (H◦), and
entropy (S◦) [38].

log Kc =
∆S◦

2.303R
− ∆H◦

2.303RT
(6)

∆G◦ = ∆H◦ − T∆S◦ (7)

where T is the specific heat, R is the universal gas constant (8.314 J-mol−1K−1), and Kc
(Lg−1) is the thermodynamic equilibrium constant defined by qe/Ce. The intercept and
slope of a plot log Kc vs. 1/T were used to calculate the values of ∆S◦ and ∆H◦ (Figure 8).
Table 4 shows the different thermodynamic parameters that were examined at various
temperatures. The value of ∆G◦ was found to be negative at all temperatures, indicating
that dye (AB-234) adsorption in the MIP was spontaneous [39]. The value of ∆G◦ decreased
as the temperature increased, indicating that a higher temperature enhances dye (AB-
234) adsorption in the MIP. The positive sign of ∆H◦ indicates that this adsorption is
endothermic, because with the increasing temperature, the rate of adsorbate diffusion
on the adsorbent also increased. Additionally, a positive ∆S◦ value shows that disorder
increased during adsorption.
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Table 4. Different thermodynamic parameters for AB-234 dye.

Temperature (K) ∆G◦ KJmol−1 ∆H◦ KJmol−1 ∆S◦ KJmol−1

288 −1439

7.74 31.52298 −1915

308 −2516

2.7. Selectivity Study

A competitive adsorption study was carried out in the presence of dyes, such as AB1,
BB3, safranin, and acid yellow 76, that are both comparable and dissimilar in structure
to the template (AB-234) to confirm the selective cavities in a polymer. The MIP should
be more selective for the specific template (AB-234) than the NIP. At optimum conditions,
100 mg/L of AB2-34 dye and the interfering dyes were added to each Erlenmeyer flask,
and the mixture was agitated in a thermostat shaker at 130 rpm. At a certain time, samples
were withdrawn, the absorbance was measured using a UV–vis spectrophotometer, and
the quantity of dye adsorbed on the polymer was estimated by subtracting the final dye
concentration from the starting dye concentration in the mixture. MIP has a 94% selectivity
for AB-234, compared to other dyes with adsorption rates ranging from 5% to 23%. There-
fore, the selectivity results confirm that MIP cavities are solely selective for the template
(AB-234) molecule. The results are graphically shown in Figure 9.
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2.8. Distribution Ratio and Imprinting Factor

The contact and strength of the template molecule (AB-234) with the polymer (MIP/NIP)
is described by the imprinting factor. It appears that the MIP and NIP have recognition
properties for a certain analyte. Equation (9) was used to derive the imprinting factor (IF)
for a molecularly imprinted polymer:

IF ∝=
QMIP
QNIP

(8)

where QMIP denotes MIP adsorption capacity for the dye (AB-234), and QNIP denotes
NIP adsorption capacity for AB-234. The following equation was used to calculate the
distribution ratio.

Kd =
(Ci −Cf)

Cf m
V (9)

where Kd (L/g) denotes the distribution coefficient, Ci the initial dye concentration, Cf the
final dye concentration, V the volume used, and “m” the polymer mass (MIP/NIP) [40].
The obtained results have been summarized in Table 5.
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Table 5. Adsorption parameters for dyes (MIP/NIP).

Dyes
% Removal Adsorption Capacity

Q mg/g
Distribution Coefficient

Kd (L/g) Imprinting Factor
IF ∝= QMIP

QNIP

Selectivity
S= IAB234

I interfering
MIP NIP MIP NIP MIP NIP

AB-234 94 31 41.1 8.0 0.53 0.06 5.13 -

AB-1 23 25 5.21 6.31 0.42 0.27 0.82 6.25

SEFRANIN 18 26 4.32 6.61 0.02 0.01 0.65 7.89

AY-76 9.2 14 2.35 4.30 0.21 0.15 0.54 9.50

BB-3 7 13 1.38 3.15 0.17 0.11 0.43 11.9

2.9. Application of MIP to Adsorb Dye (AB-234)

The polymer was applied as a solid-phase adsorbent material in the preconcentration
of AB-234 from river water and effluent samples in order to test the efficiency of the
MIP produced in real environmental samples. In a total volume of 10 mL, aliquots of
these three samples were spiked with known volumes of AB-234 dye standard solution
at concentrations of 50, 75, and 100 mg/L, with agitation for 40 min. Given the MIP’s
highest retention capability of 94.67% (±0.1) while the recoveries were between 84 and
94%, as shown in Table 6. Taking into account the complexity of the examined samples,
these results reveal that the imprinted material shows an outstanding sorption capability
and ability to give unique recognition of the analyte.

Table 6. Recovery test of the MIP using different samples in a province of Pakistan (KPK).

Samples Added (mg/L) Found in MIP (mg/L) Recovery (%) RSD (%)

Textile industry
effluent

50 46.51 ± 0.04 93.02 0.33

75 71.02 ± 0.07 94.60 0.34

100 94.8 ± 0.1 94.8 0.39

River 1

50 45.43 ± 0.03 90.86 0.30

75 71.05 ± 0.1 94.66 0.54

100 86.62 ± 0.09 86.62 0.77

River 2

50 43.62 ± 0.02 87.24 0.04

75 66.54 ± 0.1 88.01 0.49

100 84.89 ± 0.04 84.89 0.61

2.10. Reuse of MIP for AB-234 Dye

The continuous use of the MIP was determined in five cycles of adsorption–desorption
under optimal conditions. Table 7 shows that, between the first and fifth cycles, roughly
14% of the AB-234 dye rebinding was lost. According to the results, the MIP could be
reused at least five times without significantly lowering its adsorption capability.

Table 7. Repeated use of MIP on adsorption capacity.

Times 1 2 3 4 5

Q (mg g−1) 94 92 89 84 80

A comparison present adsorbent capacity with those cited in literature in given in
Table 8.
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Table 8. Adsorptions capacity of acid black-234 dye on different adsorbents.

Adsorbents Adsorption Capacity (mg-g−1) Ref

Polyaniline/chitosan (PAn/Ch) 74.1 [32]

Starch (PPy/St) 62.5 [41]

Polyanaline/sugarcane begasse (PAn/SB) 52.6 [41]

MIP 100 Current study

3. Materials and Methods
3.1. Materials

All solvents and dyes were analytical-grade and were supplied by Sigma-Aldrich
(Taufkirchen, Germany). The acid black-234 dye (AB-234) as a template, methacrylic acid
(MAA) as a functional monomer (Dae-Jung, Korea), azobisisobutyronitrile as a reaction
initiator, methanol as a porogenic solvent (Chengdu, China), acetone and methanol mix-
ing solution as a washing solvent (Merck, Darmstadt, Germany), and ethylene glycol
dimethacrylate (EGDMA) as a cross linker (J.T. Baker, New York, NY, USA). The MIP’s
selectivity for AB-234 was tested using AB1, BB3, safranin, and acid yellow-76. The water
was deionized using a Milli-Q system (Chennai, India). The chemical structures of the dyes
are shown in Figure 10.
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3.2. Characterization of the MIP and NIP

The structure of polymer was studied using FTIR in the range of 4000–500 cm−1;
Vertex 70 (Shimadzu, Kyoto, Japan) and SEM (JSM-IT500) were used to assess the size and
shape of the MIP and NIP; and a UV–Vis 1800 spectrophotometer was used to quantify
absorbance using quartz cuvettes (Shimadzu, Japan). Brunauer–Emmett–Teller theory was
used for the surface area calculation from the adsorption of nitrogen (8 mg MIP and NIP,
N2, 70 ◦C, 5 h) (ASAP 2010).

3.3. Preparation of the MIP and NIP
Preparation of the MIP for AB-234 Dye

For the synthesis of the MIP, 0.215 g of acid black-234 dye was dissolved in 10 mL
of methanol and stirred for 10 min. Then, 150 mmol of MAA was added and left to rest
for two hours, followed by the addition of 225 mmol of EGDMA, and then left for 15 min.
Then, 2 mg of initiator (ABIN) was added and maintained in a water bath for 24 h at 60 ◦C.
The NIP was synthesized using same procedure but without dye. The sample was removed
from the flask after 24 h of heating, and the polymer was filtered. After filtering, the
polymer was washed five to six times in a soxlet system with a methanol/acetone solution
(8:2, v/v) to completely remove the template. Finally, a pure polymer was produced, which
was then dried at room temperature. The synthesis protocols of the MIP and NIP are shown
in Table 9.

Table 9. Polymerization mixture of MIP synthesis.

Reagents Chemicals MIP and NIP Composition (Mass
and Volume)

Template AB-234 MIP NIP

Monomer MAA 0.215 g -

Cross Linker EGDMA 150 mmol 150 mmol

Solvent Methanol and Acetone 225 mmol 225 mmol

Initiator AIBN 10 mL 10 mL

Template AB-234 2.00 g 2.00 g

3.4. Binding Adsorption Analysis

MIP binding was studied using 20 mL vials containing 8 mg of an MIP and 10 mL
of 100 mg/L dye by adjusting parameters, such as mass, concentration, pH, and time.
After 40 min on a centrifuge at 15,000 rpm, the supernatant was filtered through a 0.45 µm
membrane before UV–Vis spectrophotometric measurement. The following equation was
used to calculate the binding adsorption capacity:

Q =
(C0 −Ce)

V
m (10)

The initial dye concentration is Co (mgL−1), the equilibrium dye concentration is Ce
(mgL−1), the experimental adsorption quantity is Q (mg-g−1), the volume of solution is V,
and the mass of the MIP is m (g).

3.5. Selectivity Study

A competitive adsorption study was carried out in the presence of molecules that are
similar and different in structure to AB-234 dye in order to assess the creation of selective
cavities in polymer. Different dyes were used in this case, including acid black-1 (AB-1),
safranin, acid yellow-76 (AY-76), and BB-3. For each compound’s selectivity recognition
assays, 8 mg of the MIP was dissolved in a 10 mL solution (pH 5), containing 100 mg/L of
each dye and equilibrated for 40 min. After stirring the concentration of these dyes in the
supernatant was determined using a UV–Vis spectrophotometer.
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4. Conclusions

The current study looks at how to employ a synthetic polymer (MIP) to remove a
specific analyte (AB-234) from various water samples under optimal conditions. Compared
to other dyes—acid black-1 (AB1), acid yellow-76 (AY-76), safranin, and BB-3, which had
23%, 18%, 9.3%, and 7% selectivity, respectively, toward a specific analyte— AB-234 had
about 94% selectivity toward a specific analyte. The adsorption of AB-234 on NIP was only
31%, which indicates that the MIP is more specific for AB2-34 dye due to the formation
of complementary cavities. The MIP followed second-order kinetics and the Langmuir
model, according to kinetic and isotherm analyses. Therefore, a high adsorption (94%) was
found on 313 K. The negative value of ∆G◦ shows the process to be spontaneous, while
the ∆H◦ and ∆S◦ demonstrates the endothermic and feasible nature of the process. The
MIP can be easily and repeatedly be recovered from the solution using the centrifugation
process, without the immense loss of its selectivity. Therefore, the MIP synthesized here
could be presented as a possible material for the separation of AB-234 dye from wastewater
with immense selectivity and great recovery.

Author Contributions: M.S. and M.Z. (Muhammad Zahoor): methodology, revision of the pa-
per, conceptualization, visualization, investigation, supervision, validation, I.A.: experiments and
writing—original draft. Z.U.-S. and M.Z. (Muhammad Zubair): methodology visualization, investi-
gation, R.U., I.Z. and A.B.: review, supervision, and conceptualization. All authors have read and
agreed to the published version of the manuscript.

Funding: The authors extend their appreciation to the researchers supporting project number
RSP2023R346, King Saud University, Riyadh, Saudi Arabia, regarding financial support.

Institutional Review Board Statement: Not Applicable.

Informed Consent Statement: Not Applicable.

Data Availability Statement: The raw/processed data required to reproduce these findings cannot
be shared at this time due to technical or time limitations.

Conflicts of Interest: The authors declare no conflict of interest.

Sample Availability: These are commercially available compounds.

References
1. Nikesh, B.S.; Vinayak, K.; Prakash, A.M.; Ajay, V.R.; Krishnan, K.A. A Historical Perspective and the Development of Molecular

Imprinting Polymer—A Review. Chem. Int. 2015, 1, 202–210.
2. Zollinger, H. Azo dyes and pigments. In Colour Chemistry-Synthesis, Properties and Applications of Organic Dyes and Pigments; Wiley:

New York, NY, USA, 1987; pp. 10–92.
3. Hameed, H.B.; Mahmoud, K.D.; Ahmed, L.A. Equilibrium modeling and kinetic studies on the adsorption of basic dye by a

low-cost adsorbent: Coconut bunch waste. J. Hazard. Mater. 2008, 158, 65–72. [CrossRef] [PubMed]
4. Ponnusami, V.; Vikram, S.; Shrivastva, N.S. Guava leaf powder, novel adsorbent for methylene removal of blue from aqueous

solution. J. Hazard. Mater. 2008, 152, 276–286. [CrossRef] [PubMed]
5. Okutucu, B.; Akkaya, A.; Kasikara, N.; Pazarlioglu. Molecularly imprinted polymers for some reactive dyes. Prep. Biochem.

Biotechnol. 2010, 40, 366–376. [CrossRef]
6. Crini, G. Non-conventional low-cost adsorbents for dye removal: A review. Bioresour. Technol. 2006, 97, 1061–1085. [CrossRef]

[PubMed]
7. Robinson, T.; McMullan, G.; Marchant, R.; Nigam, P. Remediation of dyes in textile effluent: A critical review on current treatment

technologies with a proposed alternative. Bioresour. Technol. 2001, 77, 247–255. [CrossRef]
8. Ahmad, A.L.; Azlina, H.; Harris, S.; Seng, O.B. Removal of dye from wastewater of textıle industry usıng membrane technology.

J. Teknolog. 2002, 36, 31–44. [CrossRef]
9. Ying, P.; Congying, R.; Xiaolin, T.; Yun, L.; Ayushi, S.; Abhinav, K.; Baohong, L.; Jianqiang, L. Cobalt-seamed C-methylpyrogallol

[4]arene nanocapsules-derived magnetic carbon cubes as advanced adsorbent toward drug contaminant removal. Chem. Eng. J.
2022, 433, 13385.

10. Qiujin, Z.; Liping, W.; Shengfang, W.; Wasswa, J.; Xiaohong, G.; Jian, T. Selectivity of molecularly imprinted solid phase extraction
for sterol compounds. Food Chem. 2009, 113, 608–615.

11. Ramström, O.; Ye, L.; Mosbach, K. Screening of a combinatorial steroid library using molecularly imprinted polymers. Anal.
Commun. 1998, 35, 9–11. [CrossRef]

176



Molecules 2023, 28, 1555

12. Lie, L.; Yihua, Y.; Klaus, M. Onwards the development of molecularly imprinted artificial receptors for the screening of estrogenic
chemicals. Analyst 2001, 126, 760–765.

13. Surugiu, I.; Danielsson, B.; Ye, L.; Mosbach, K.; Haupt, K. Chemiluminescence Imaging ELISA Using an Imprinted Polymer as the
Recognition Element Instead of an Antibody. Anal. Chem. 2001, 73, 487–491. [CrossRef]

14. Zhang, Y.; Song, D.; Lanni, M.L.; Shimizu, D.K. Importance of Functional Monomer Dimerization in the Molecular Imprinting
Process. Macromolecules 2010, 43, 6284–6294. [CrossRef]

15. Li, X.; Li, X.; Li, F.; Lei, X.; Su, M.; Liu, P.; Tan, X. Synthesis and characterization of molecularly imprinted polymers with modified
rosin as a cross-linker and selective SPE-HPLC detection of basic orange II in foods. Anal. Methods 2014, 6, 6397–6406. [CrossRef]

16. Prasada, T.; Rao, S.; Daniel, J.G. Tailored materials for preconcentration or separation of metals by ion-imprinted polymers for
solid-phase extraction (IIP-SPE). TrAC Trends Anal. Chem. 2004, 23, 28–35. [CrossRef]

17. Saloni, J.; Walker, K.; Hill, J. Theoretical Investigation on Monomer and Solvent Selection for Molecular Imprinting of Nitrocom-
pounds. J. Phys. Chem. 2013, 117, 1531–1534. [CrossRef] [PubMed]

18. Tokonami, S.; Shiigi, H.; Nagaoka, H. Review Micro- & nanosized molecularly imprinted polymers for high-throughput analytical
applications. Anal. Chem. Acta 2009, 641, 7–13.

19. Mujahid, A.; Iqbal, N.; Afzal, A. Bioimprinting strategies: From soft lithography to biomimetic sensors and beyond. Biotechnol.
Adv. 2013, 31, 1435–1447. [CrossRef]

20. Włoch, M.; Dattab, J. Chapter Two—Synthesis and polymerisation techniques of molecularly imprinted polymers. Compr. Anal.
Chem. 2015, 86, 166–526.

21. Zhou, T.C.; Shen, X.T.; Chaudhary, S.; Ye, L. Molecularly imprinted polymer beads prepared by pickering emulsion polymerization
for steroid recognition. J. Appl. Polym. Sci. 2014, 39606, 1–7. [CrossRef]

22. Faiz, A.; Zuber, S.; Alamgir, K.; Maria, S.; Zeid, A.A.; Cheong, W.J. Synthesis, column packing and liquid chromatography of
molecularly imprinted polymers for the acid black 1, acid black 210, and acid Brown 703 dyes. RSC Adv. 2022, 12, 19611–19623.

23. Zhang, W.; She, X.; Wang, L.; Fan, H.; Zhou, Q.; Huang, X.; Tang, J.Z. Preparation, Characterization and pplication of Molecularly
Imprinted Polymer for Selective Recognition of Sulpiride. Materials 2017, 10, 475. [CrossRef] [PubMed]

24. Liang, Q.; Fenglan, L.; Yan, L.; Jiana, W.; Shiyuan, G.; Meiyin, W.; Shiling, X.; Manshi, L.; Deyun, M. A 2D Porous Zinc-Organic
Framework Platform for Loading of 5-Fluorouracil. Inorganics 2022, 10, 202.

25. Maria, S.; Izaz, A.; Faiz, A.; Muhammad, Z.; Riaz, U.; Farhat, A.H.; Essam, A.A.; Amir, S. Selective removal of emerging dye basic
blue 3 via molecularly imprinting technique. Molecules 2022, 27, 3276.

26. Asadi, E.; Deilami, S.A.; Abdouss, M.; Kordestani, D.; Rahimi, A.; Asadi, S. Synthesis, recognition and evaluation of molecularly
imprinted polymer nanoparticle using miniemulsion polymerization for controlled release and analysis of risperidone in human
plasma samples. Korean J. Chem. Eng. 2014, 31, 1028–1035. [CrossRef]

27. Farrington, K.; Regan, F. Investigation of the nature of MIP recognition development and characterisation of a MIP for Ibuprofen.
Biosens. Bioelectron. 2007, 22, 1138–1146. [CrossRef]

28. Cormack, P.A.G.; Elorza, A.Z. Molecularly imprinted polymers: Synthesis and characterization. J. Chromatogr. 2004, 804, 173–182.
[CrossRef]

29. Sun, X.F.; Wang, S.G.; Liu, X.W.; Gong, W.X.; Bao, N.; Gao, B.Y. Competitive Biosorption of Zinc (II) and Cobalt (II) in Single- and
Binary-Metal Systems by Aerobic Granules. J. Colloid Interface Sci. 2008, 324, 1–8. [CrossRef]

30. Maryam, F.; Mohammad, A.T.; Daryoush, A.; Mostafavi, A. Preparation of molecularly imprinted polymer coated magnetic
multi-walled carbon nanotubes for selective removal of dibenzothiophene. Mater. Sci. Semicond. Process. 2015, 40, 501–507.

31. Ho, Y.S.; McKay, C. Pseudo second order model for sorption processes. Proc. Biochem. 1999, 34, 451–465. [CrossRef]
32. Noreen, S.; Bhatti, H.N.; Iqbal, M.; Hussain, F.; Sarim, F.M. Chitosan, starch, polyaniline and polypyrrole biocomposite with

sugarcane bagasse for the efficient removal of Acid Black dye. Int. J. Biol. Macromol. 2019, 147, 439–452. [CrossRef]
33. Poots, V.J.P.; McKay, G.; Healy, J.J. Removal of basic dye from effluent using wood as an adsorbent. J. Water Pollut. Control Fed.

1978, 50, 926–935.
34. Zhang, Y.L.; Zhang, J.; Dai, C.M.; Zhou, X.F.; Liu, S.G. Sorption of carbamazepine from water by magnetic molecularly imprinted

polymers based on chitosan-Fe3O4. Carbohydr. Polym. 2013, 97, 809–816. [CrossRef] [PubMed]
35. Gautam, R.K.; Rawat, V.; Banerjee, S.; Sanroman, M.A.; Soni, S.; Singh, S.K.; Chattopadhyaya, M.C. Synthesis of bimetallic Fe–Zn

nanoparticles and its application towards adsorptive removal of carcinogenic dye malachite green and Congo red in water. J. Mol.
Liq. 2015, 212, 227–236. [CrossRef]

36. Pandian, C.J.; Palanivel, R.; Dhananasekaran, S. Green synthesis of nickel nanoparticles using Ocimum sanctum and their
application in dye and pollutant adsorption. Sep. Sci. Technol. 2015, 23, 1307–1315. [CrossRef]

37. Hameed, H.; Ahmad, A.A. Batch adsorption of methylene blue from aqueous solution by garlic peel, an agricultural waste
biomass. J. Hazard. Mater. 2009, 164, 870–875. [CrossRef]

38. Gautam, R.K.; Gautam, P.K.; Banerjee, S.; Soni, S.; Singh, S.K.; Chattopadhyaya, M.C. Removal of Ni (II) by magnetic nanoparticles.
J. Mol. Liq. 2015, 204, 60–69. [CrossRef]

39. Jain, R.; Gupta, V.K.; Sikarwar, S. Adsorption and desorption studies on hazardous dye Naphthol Yellow S. J. Hazard. Mater. 2010,
182, 749–756. [CrossRef]

177



Molecules 2023, 28, 1555

40. Harsini, N.N.; Ansari, M.; Kazemipour, M. Synthesis of molecularly imprinted polymer on magnetic core-shell silica nanoparticles
for recognition of congo red. Eurasian J. Anal. Chem. 2018, 13, 1–13. [CrossRef]

41. Haq, N.B.; Yusra, S.; Sobhy, M.; Yakout, O.H.; Shair Munawar, I.; Arif, N. Efficient removal of dyes using carboxymethyl
cellulose/alginate/ polyvinyl alcohol/rice husk composite: Adsorption/desorption, kinetics and recycling studies. Int. J. Bio.
Macromol. 2020, 150, 861–870.

Disclaimer/Publisher’s Note: The statements, opinions and data contained in all publications are solely those of the individual
author(s) and contributor(s) and not of MDPI and/or the editor(s). MDPI and/or the editor(s) disclaim responsibility for any injury to
people or property resulting from any ideas, methods, instructions or products referred to in the content.

178



Citation: Hamza, M.F.; Guibal, E.;

Althumayri, K.; Vincent, T.; Yin, X.;

Wei, Y.; Li, W. New Process for the

Sulfonation of Algal/PEI Biosorbent

for Enhancing Sr(II) Removal from

Aqueous Solutions—Application to

Seawater. Molecules 2022, 27, 7128.

https://doi.org/10.3390/

molecules27207128

Academic Editors: Yongchang Sun

and Dimitrios Giannakoudakis

Received: 22 September 2022

Accepted: 17 October 2022

Published: 21 October 2022

Publisher’s Note: MDPI stays neutral

with regard to jurisdictional claims in

published maps and institutional affil-

iations.

Copyright: © 2022 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

molecules

Article

New Process for the Sulfonation of Algal/PEI Biosorbent for
Enhancing Sr(II) Removal from Aqueous
Solutions—Application to Seawater
Mohammed F. Hamza 1,2 , Eric Guibal 3,* , Khalid Althumayri 4, Thierry Vincent 3, Xiangbiao Yin 1,
Yuezhou Wei 1 and Wenlong Li 1,*

1 School of Nuclear Science and Technology, University of South China, HengYang 421001, China
2 Nuclear Materials Authority, P.O. Box 530, El-Maadi, Cairo 4710030, Egypt
3 Polymers Composites and Hybrids, IMT—Mines Ales, F-30360 Ales, France
4 Department of Chemistry, College of Science, Taibah University,

Al-Madinah Al-Munawarah 30002, Saudi Arabia
* Correspondence: eric.guibal@mines-ales.fr (E.G.); liwenlong@usc.edu.cn (W.L.);

Tel.: +33-0-466782734 (E.G.); +86-18845568076 (W.L.)

Abstract: Sulfonic resins are highly efficient cation exchangers widely used for metal removal from
aqueous solutions. Herein, a new sulfonation process is designed for the sulfonation of algal/PEI
composite (A*PEI, by reaction with 2-propylene-1-sulfonic acid and hydroxylamine-O-sulfonic acid).
The new sulfonated functionalized sorbent (SA*PEI) is successfully tested in batch systems for
strontium recovery first in synthetic solutions before investigating with multi-component solutions
and final validation with seawater samples. The chemical modification of A*PEI triples the sorption
capacity for Sr(II) at pH 4 with a removal rate of up to 7% and 58% for A*PEI and SA*PEI, respectively
(with SD: 0.67 g L−1). FTIR shows the strong contribution of sulfonate groups for the functionalized
sorbent (in addition to amine and carboxylic groups from the support). The sorption is endothermic
(increase in sorption with temperature). The sulfonation improves thermal stability and slightly
enhances textural properties. This may explain the fast kinetics (which are controlled by the pseudo-
first-order rate equation). The sulfonated sorbent shows a remarkable preference for Sr(II) over
competitor mono-, di-, and tri-valent metal cations. Sorption properties are weakly influenced by
the excess of NaCl; this can explain the outstanding sorption properties in the treatment of seawater
samples. In addition, the sulfonated sorbent shows excellent stability at recycling (for at least 5 cycles),
with a loss in capacity of around 2.2%. These preliminary results show the remarkable efficiency of
the sorbent for Sr(II) removal from complex solutions (this could open perspectives for the treatment
of contaminated seawater samples).

Keywords: sulfonation of composite algal/PEI sorbent; strontium recovery; uptake kinetics and
sorption isotherms; metal desorption and sorbent recycling; sorption selectivity; application to
seawater; composite characterization; functionalization for enhanced performance

1. Introduction

Strontium is part of alkaline-earth metals; it is mainly extracted from celestite and
strontianite minerals. Most of its uses are associated with optical and color-specific charac-
teristics for fireworks (red-colored), glow-in-the-dark paints, and plastics (as Sr-aluminate).
Strontium (as chloride salt) is also used in specialized toothpaste [1]. However, strontium
mainly retains attention as a radioelement (90Sr) for its high-energy beta-emitter specificity.
As a by-product of nuclear reaction and due to its similarities with calcium (meaning
readily absorption and accumulation in bones and tissues), it remains a very hazardous
compound for human and animal beings (as shown by the strong contamination of local
seawater after Fukushima Daiichi disaster) [2–6].
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These hazardous impacts have motivated for the last decades a strong research for
elaborating new treatment processes. Metal removal may involve different techniques; how-
ever, sorption and biosorption processes have retained great attention for low-concentration
effluents [7–10]. Though precipitation and flotation techniques can be used for pre-treating
strontium-bearing effluents [11,12], it is generally useful to couple different techniques [13]
for reaching high levels of metal recovery. For the specific treatment of complex solutions
(such as brines and seawater), it is thus necessary to design new sorbents having high
selectivity against alkaline and alkaline-earth competitor ions.

Inorganic sorbents have been widely investigated for strontium recovery using for
example zeolites [14–18], or directly as nanostructured inorganic salts [19–21]. The associa-
tion of ion-exchangers (IEs) with inorganic supports offers high selectivity for Sr(II) or Cs(I)
associated with the cage effect of some IEs (such as Prussian blue, PB, and analogues) [22].
Similar concepts have been extended to PB immobilization onto carbon nanotubes [23],
activated charcoal [24], polymer [25], or biopolymers [22,23,26]. Strontium removal was
investigated using a wide range of bio-sorbents such as agriculture by-products [27], living
microorganisms [28], yeast [29], and functionalized biopolymers [30,31]. Algal-based mate-
rials and sub-products have retained great attention for their potential to bind organic [32]
and inorganic [9] contaminants.

Ion-exchange and chelating resins have been successfully tested for strontium binding
from synthetic and for seawater solutions [33–36]. Functionalized polymers were designed
as super-adsorbents for cesium and strontium, through the amidoximation of polyacryloni-
trile/silica composites [37], or algal/PEI (polyethyleneimine) composite (A*PEI) [38]. Strong
cation exchangers, such as sulfonic acid bearing resins (Dowex 50W series), have particularly
retained attention for the sorption of strontium [16,39,40] or other solutes [41–48]. The effi-
ciency of these sulfonated reactive groups for bearing strontium motivated the current
research based on the functionalization of algal/PEI beads. Indeed, a new concept of
composite support (obtained by the reaction of algal biomass with PEI with crosslinking
and calcium ionotropic gelation, interpenetrated polymer network) was recently devel-
oped [49–54]. The high density of amine and hydroxyl groups in the composite offers many
possibilities for functionalization by grafting specific reactive groups such as quaternary
ammonium salt [51], amidoxime [38], and phosphoryl [53]. The sulfonation of algal/PEI
beads revealed very efficient for improving the sorption properties for rare earth elements
(i.e., Sc(III), Ce(III), and Ho(III) [55]). Actually, the grafting of new sulfonic groups brings
not only additional functional groups with different affinities for target metal ions but
also some complementary facilities associated with the bi-functionality of the sorbent (co-
existing amine and sulfonic groups). Herein, a new process is designed for sulfonating
algal/PEI beads (SA*PEI), based on the one-pot reaction of 2-propene-1-sulfonic acid and
hydroxylamine-o-sulfonic acid with pristine A*PEI beads. This original method leads to
the co-existence of different types of sulfonic groups.

In order to evaluate the potential of this sulfonic-functionalized sorbent, the materials
are characterized using SEM coupled with EDX facilities, BET characterization, FTIR
spectrometry, elemental analysis, and titration. The sorption properties are investigated
through standard criteria such as the effect of pH, uptake kinetics, sorption isotherms,
and competitive sorption (multi-component equimolar solutions). Metal desorption and
sorbent recycling are studied and compared for A*PEI and SA*PEI. Strontium recovery is
also characterized in very complex environmental such as seawater samples. The insights
of this study count on: (a) the ecofriendly and cost-effective synthesis of a support based
on alginate and algal biomass, (b) the production of a sorbent of highly physicochemical
stability, (c) with outstanding efficiency for strontium removal (compared with alternative
sorbents), and (d) fine selectivity from seawater treatment (based on the complementarity
of reactive groups on the functionalized sorbent). Another merit of this work holds in the
extensive characterization of the material and its interactions with strontium ions.
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2. Results
2.1. Characterization of Materials

The main characteristics are summarized below. A detailed discussion appears in
Appendix A. The sorbents are roughly spherical (Figure A1) and their average sizes are
2.46 ± 0.21 mm and 2.14 ± 0.15 mm for A*PEI and SA*PEI, respectively. The sulfonation
contributes to the weak shrinking of the beads. This is confirmed by the enlarged SEM
observation of the surface of the sorbents: SA*PEI is characterized by a more wrinkled
surface than A*PEI. The semi-quantitative EDX analysis of the surface of A*PEI and SA*PEI
is reported in Figure A2. Substantial differences are observed considering the increases in
N content (from 3.1% to 6.46%, At.%) and S content (from 0.95% to 4.28%, At.%). Notably,
the functionalization of A*PEI leads to a significant decrease in Ca content (from 9.2% to
3.22%, At.%) while K and Na elements appear (up to 2.05% and 2.17%, At.%, respectively);
concomitantly the atomic percentage of Cl element decreases from 7.5% to 1.98%.

The isotherms of N2 sorption and desorption show that the sulfonation of A*PEI increases
the specific surface area of the pristine sorbent (from 2.1 to 7.4 m2 g−1) (Figure A3). The
profiles show a substantial increase in the relative importance of the hysteresis loop. This
functionalization also increases the porous volume (from ≈0.005 to 0.05 cm3 g−1), which is
associated with a substantial increase in the pore width from 94–99 Å to 199–332 Å. Apparently,
the chemical modification improves the ability of the sorbent for mass transfer. Despite low
specific surface area (probably due to the large size of pores), the functionalized sorbent shows
outstanding sorption properties for Sr(II) (see below).

The thermal degradation also shows some differences in the shape of the TGA profiles
(different weight-loss transitions) and some shifts in the specific temperatures (for DrTG
profiles) (Figure 1). Apparently, the sulfonation increases the stability of the composite:
Shifts in temperature and increased residue (about 17% vs. 7%). Apart from the same
initial step (corresponding to water release, which represents different weight fractions),
the profile for SA*PEI shows a supplementary transition compared with A*PEI, which may
correspond to the specific degradation of sulfonate groups (Figure A4).
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The FTIR spectra for A*PEI and SA*PEI show: The presence of carbohydrate ring
and more specifically uronic-based groups (mannuronic and guluronic acid moieties,
1300–1000 cm−1) and carbonyl from carboxyl groups (at 1767 cm−1) (Figure 2, Table A1).
The interaction of alginate-based carboxylic acid with amine groups onto PEI is character-
ized by the formation of amide bonds (≈1620, ≈1400, and 1256 cm−1), which are partially
superposed with amine bending vibration (Figure A5). The grafting of sulfonic acid is
confirmed by the appearance (or reinforcement) of a series of bands at 1159, 850, and
602 cm−1.
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The sorption of Sr(II) involves some changes in the FTIR spectra that may derive
from the interactions of specific reactive groups with metal cations. Figure A6 isolates the
main variations in FTIR spectra that confirm the interaction of Sr(II) with carboxylic and
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amine/amide groups in the case of A*PEI, while for SA*PEI, in addition, the chemical
environment of sulfonate groups is also affected by metal binding. This binding is reversible
(see Section 2.2.7), while using 0.3 M HCl solution as the eluent. As a consequence of metal
desorption, the FTIR spectra are partially restored; however, the characteristic bands of
reactive groups are not completely reestablished to their neat form (this may be the effect
of protonation of reactive groups due to acidic elution) (Figure A7).

In Figure A7, the spectra of the materials at different stages of use are compared with
the spectra of the sorbent exposed to solution (without strontium) at the pH of the sorption
step and with the eluent solution (for metal-free sorbents). These spectra allow evaluation
of the contributions of the environmental conditions and separate their effects on the spectra
to specific changes associated with metal sorption and metal sorption/desorption cycles.
The comparison of the spectra of pristine sorbents and those exposed to pH 5 solution
(selected pH for strontium sorption) does not show significant differences (Figure A8): The
changes in FTIR spectra after Sr(II) binding reported above can be specifically attributed
to the interactions of functional groups with Sr2+. After conditioning the sorbent with
0.3 M HCl solutions (i.e., identical to the elution process for sorption/desorption cycles),
the FTIR spectrum of A*PEI is more significantly changed at the level of carbonyl and amine
groups (with stronger variations compared to the spectrum obtained after the 5 cycles).
These functional groups are influenced by protonation and/or by metal binding to different
extents). In the case of SA*PEI, the strong protonation affects the FTIR spectrum more
significantly than successive cycles of sorption/desorption (the final rinsing step reduces
the changes induced by protonation). In addition, the fine restoration of the FTIR profile
confirms the good stability of the sorbent. Scheme 1 proposes the interaction modes of Sr(II)
with functional groups held on A*PEI and SA*PEI. The grafting of 2-propene-1-sulfonic
acid and hydroxylamine-o-sulfonic acid enriches the sulfonic and amine contents, which
are involved in the binding of Sr2+ ions through chelation (i.e., hydroxyl and amine) and
ion-exchange (through replacement of Ca2+ with Sr2+ and the protons from sulfonic groups).
The functionalization opens to a wider variety of sorption mechanisms and a larger number
of reactive groups than the pristine sorbent.
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The elemental analysis of the two sorbents confirms the effective grafting of sulfonic
groups (reaching ≈ 1.04 mmol S g−1) (Table A2). Based on the structure of grafted moieties
and the elemental analysis, the density of sulfonate groups is close to 1 mmol g−1. Nitrogen
content remains unchanged (≈2.14 mmol N g−1), while O content increases by 4.68 mmol
O g−1 after the functionalization of A*PEI. In 2-propene-1-sulfonic acid (2P1SA) and
hydroxylamine-O-sulfonic acid (HOSA), the increase in O content is 3 and 4 times the S
content. The relative decrease of A*PEI fraction in the sulfonated derivative is compensated
by hydroxylamine-O-sulfonic acid grafting. It is noteworthy that the increase in O content
exceeds the expected stoichiometric ratio O/S in the insertion of sulfonic derivatives: The
ratio reaches 4.52:1, while the ratio would be expected between 3:1 (for 2P1SA) and 4 (for
HOSA). This may be due to traces of reagents; semi-quantitative EDX analysis shows traces
of K+ and Na+ from potassium persulfate and sodium bisulfite; different levels of hydration
(water absorption) may also explain theses discrepancies.

Figure A9 reports the evaluation of pHPZC values for the two sorbents: Data were
collected from two sets of experiments using different concentrations of background salt.
The profiles hardly changed. The grafting of sulfonic acid onto amine groups (of PEI)
logically gives a stronger acid character to the sorbent: The pHPZC is shifted from ≈7.8 to
≈4.6. In the case of sulfonation of similar algal/PEI beads, Hamza et al. [55] reported a
stronger decrease in pHPZC values (from 7.35 to 2.86); in the previous work, sulfosuccinic
acid was used for the functionalization of the neat sorbent. Obviously, these acid–base
characteristics strongly affect the surface charge of the sorbent: The global charge is positive
in acidic solutions for SA*PEI (below pH 4.6) while it is necessary to increase the pH to 7.8
for losing the cationic charge in the case of A*PEI. This may have a direct impact on the
attraction/repulsion of divalent cations such as Sr2+.

2.2. Sorption Properties—Synthetic Solutions
2.2.1. pH Effect on Sr(II) Sorption

Figure 3 shows the comparison of the average values (triplicated series) of the pH-
profiles for the sorption of Sr(II) using A*PEI and SA*PEI. Under selected experimental
conditions (C0: 1.17 mmol Sr L−1, and sorbent dosage, SD: 0.67 g L−1), the sorption
capacity linearly increases with pHeq (up to pH 6) but remains quite low; never exceeding
0.21 mmol Sr g−1. The beneficial effect of sulfonation is clearly demonstrated: The sorption
capacity strongly increases for SA*PEI from 0.122 to 0.98 mmol Sr g−1, when pHeq increases
from 1.2 to 4.1. Above pHeq 4, the sorption capacity sharply decreases (down to 0.6 mmol
Sr g−1 at pHeq 5.2). The effect of pH may be expressed by two main reasons associated
with (a) the change in the speciation of the metal (charge of the solute, formation of
complexes including polynuclear species or colloids, depending on the metal), and/or (b)
the change in the charge of the sorbent (protonation or deprotonation of reactive groups).
Under selected conditions, the speciation diagram shows in Figure A10 that strontium
is only present as free species (i.e., Sr2+) above pH 3, while below pH 3 a small fraction
is present as SrNO3

+. Therefore, strontium remains cationic and poorly affected in the
pH range investigated herein; the strong impact of pH on sorption capacity is not driven
by the speciation characteristics. In acidic solutions, the strong protonation of reactive
groups (especially for A*PEI) limits metal cation sorption and it is necessary to increase
the pH for enabling Sr2+ binding. The main functional groups present on A*PEI are
carboxylic acid (alginate fraction of algal biomass) and amino groups (from PEI). PEI
bears primary, secondary, and tertiary amino groups with pKa values close to 4.5, 6.7,
and 11.6, respectively [56], while mannuronic and guluronic constituents of alginate have
pKa values close to 3.38 and 3.65, respectively [57]. In acidic solutions, most of the amine
groups remain protonated repulsing metal cations. On the opposite side, carboxylic groups
progressively deprotonate (mannuronic before guluronic acid) and carboxylate groups
may bind strontium by electrostatic attraction or ion-exchange with calcium ions bound to
carboxylate groups. Hong et al. [58] also reported that the sorption of Sr(II) onto alginate
beads increases with pH and tends to stabilize at a pH higher than 4.
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The sulfonation of A*PEI strongly changes the pH-profile with maximum sorption
close to pH 4. Sulfonic acids are strong acids; the negative apparent pKa values vary with
the type of substituent (as shown by Dong et al. [59] for benzenesulfonic derivatives).
This means that anionic sulfonate groups may coexist on the sorbent with weakly acidic
carboxylic groups and alkaline amine groups; the pHPZC is close to 4.6: The global charge
of the sorbent remains positive in acidic conditions and progressively decrease. Strontium
cations can bind first to sulfonate groups before carboxylate groups begin to contribute with
increasing the pH. The competition of protons with Sr2+ cations can also explain the weak
sorption in strongly acidic pH regions. Surprisingly, the sorption capacity steeply decreases
above pHeq 4, despite the favorable conditions for sorbent charge (and simultaneous
deprotonation of sulfonic, carboxylic, and primary amine groups). The semi-quantitative
analysis of the sorbent surface (using EDX) showed the presence of Na+ and K+, completed
by the increase of sodium content due to pH control; this may explain a shielding effect at
the surface of the material. This effect limits the ability of negatively-charged functional
groups to bind strontium cations under slightly alkaline conditions. It is noteworthy that
the same experiment was performed at increased temperature (i.e., T: 50 ◦C), the pH-edge
curve shows the same trends: A sharp optimum is found again close to pHeq 4. However,
the curve is shifted toward higher sorption capacities: The sorption of Sr(II) onto SA*PEI is
endothermic.

Figure A11 compares initial and equilibrium pH values after strontium sorption. For
A*PEI, the pH tends to weakly increase (especially at pH close to 2, by 0.37–0.55 pH unit):
Protons are bound; at pH 6, the equilibrium pH remains stable. The sulfonation affects
the pH change: The final pH increases by less than 0.4 pH unit between pH 1 and pH 3,
the pH remains unchanged up to pH 4 and tends to decrease at pH above 4 (associated
with proton release dye ion-exchange with Sr(II) binding. This breakpoint is close to the
pHPZC value of functionalized beads. In Figure A12, the log10 plots of the distribution ratio
(D = qeq/Ceq, L g−1) vs. pHeq show a good correlation but the slopes cannot be clearly
associated with conventional ion-exchange ratio (see Appendix B.2).

At acidic pH (i.e., pH 1–2), the protonation of hydroxyl groups (from algal backbone
in A*PEI) and both amine and sulfonic groups (in SA*PEI). Under these conditions, Sr(II)
is bound through an ion-exchange mechanism. With the increase of the pH, the reactive
groups progressively deprotonate and some reactive groups become negatively-charged
making possible the binding of Sr(II) ion through a binary mechanism of ion-exchange
and chelation. Associated with the decrease of ionic repulsion, the sorption of Sr(II) is
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enhanced. At pH above the pHPZC value, the sorption capacity for SA*PEI strongly de-
creases probably due to the shielding and competition effects of Na+, K+, and Ca2+ (as
appearing in semi-quantitative EDX analysis) and in relation to the progressive increase in
the negatively-charged surface of the sorbent (sulfonate groups). Similar phenomena were
reported for the sorption of U(VI) using two chelating resins [60], and for the development
of superabsorbent polymers [61,62]. The screening of anionic charges with Na+ affects the
configuration and packing of the chains but also contributes to the decrease in the avail-
ability of reactive groups. This decrease is not observed for A*PEI sorbent, where binding
is limited to free amine and carboxylic groups. Further experiments were performed at
optimum pH conditions: pH0 4 for SA*PEI and pH0 5 for A*PEI.

2.2.2. Uptake Kinetics

The kinetic profiles for Sr(II) sorption using A*PEI and SA*PEI are compared in
Figure 4 (under the same experimental conditions, except pH values adjusted to their opti-
mal values). For A*PEI, 90–120 min are necessary for reaching the equilibrium; apparently,
there is a break in the slope of the concentration decay at around 30–35 min, possibly
associated with the hydration of the sorbent. The kinetics is faster and more homogeneous
in the case of SA*PEI: The equilibrium time is reduced to 30–40 min. this faster mass
transfer may be correlated with the textural characteristics of the sorbents: SA*PEI has a
slightly greater specific surface area and larger pores than the precursor (i.e., A*PEI). The
sorption kinetics are controlled by mechanisms of resistance to diffusion (essentially film
and intraparticle diffusions) and by the reaction rate (which can be described by pseudo-
first, pseudo-second-order rate equations; PFORE and PSORE, Table A3 (a)). The resistance
to film diffusion was negligible (due to the appropriate pre-selection of stirring speed);
in addition, the resistance to film diffusion is also minimized by the appropriate choice
of agitation conditions (herein: 210 rpm). This mechanism is mainly active in the overall
control of uptake kinetics within the first minutes of contact. The initial section corresponds,
under these conditions, to the fitting of the experimental profile with a first-order rate
equation. With a proper agitation rate, the resistances to bulk diffusion and film diffusion
can be neglected.
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Figure 4. Sr(II) uptake kinetics for A*PEI (a) and SA*PEI (b,c) beads—Modeling with PFORE (C0:
1.17 mmol Sr L−1; SD: 0.666 g L−1; T: 20 ± 1 ◦C (a,b) and at T: 50 ± 1 ◦C (for SA*PEI, c); pH0: 5 and 4
for A*PEI and SA*PEI, resp.; averaged values/std. dev.).

Table 1 summarizes the apparent rate coefficients for PFORE and PSORE (k1 and k2,
respectively); the statistical parameters are also compiled for the resistance to intraparticle
diffusion (i.e., RIDE, Table A3 (a)). Table A4 reports the parameters and statistical data for
individual replicates.

Table 1. Sr(II) uptake kinetics using A*PEI and SA*APEI—parameters of PFORE, PSORE, and
RIDE models.

Sorbent A*PEI SA*PEI

Model Parameter
Temperature

T: 20 ± 1 ◦C T: 20 ± 1 ◦C T: 50 ± 1 ◦C
Unit

Experimental qeq mmol Sr g−1 0.179 0.926 1.17

PFORE

qeq,1 mmol Sr g−1 0.198 0.974 1.23
k1 × 102 min−1 2.04 5.01 5.80

R2 - 0.969 0.976 0.977
AIC - −144 −96 −91

PSORE

qeq,2 mmol Sr g−1 0.268 1.15 1.43
k2 × 102 g mmol−1 min−1 26.8 4.93 4.85

R2 - 0.952 0.938 0.937
AIC - −139 −83 −77

RIDE
De × 109 m2 min−1 6.86 7.13 6.36

R2 - 0.944 0.940 0.936
AIC - −133 −82 −75

The comparison of the determination coefficient (R2) and Akaike Information Coeffi-
cient (AIC) clearly demonstrates that the PFORE best fits experimental profiles than the
PSORE (and even better the RIDE). In the literature, the mathematical preference for a
given model is frequently used for discriminating between physical and chemical sorption;
however, this interpretation requires some conditions to be fulfilled (such as a negligible
variation of the sorbate concentration in the solution), which are rarely verified; making
the interpretation questionable [63]. Herein, except for A*PEI (for which the weak sorption
limits concentration change), the conditions are not respected for appropriate interpretation.
However, the parameters are useful for comparing the sorbents and evaluating the effect
of temperature (in the case of SA*PEI). The solid lines in Figure 4 represent the simulated
profiles with PFORE: triplicated curves confirm the good reproducibility of sorption tests.
It is noteworthy that increasing the temperature slightly increases the sorption kinetics and
the sorption capacity (consistently with the observation reported in the study of the pH

187



Molecules 2022, 27, 7128

effect). The faster sorption of Sr(II) by SA*PEI is confirmed by the ranging of apparent rate
coefficients (k1, min−1) according to:

A*PEI (2.05 ± 0.13 × 10−2 min−1) < SA*PEI (5.02 ± 0.23 × 10−2 min−1).
These values are of the same order of magnitude as the apparent rate coefficients

reported for Dowex 50W-X8 (i.e., 0.0214 min−1, [36]) but higher than for surfactant-
conditioned polyacrylonitrile (i.e., 0.0022 min−1, [64]) or for biochar and magnetic biochar
(i.e., 0.0047 and 0.0077 min−1, respectively, [65]). Bezhin et al. [66] reported much lower
values for Sr(II) sorption kinetics using a series of resins and ion-exchangers (i.e., in the
range 0.0015–0.0024 min−1). It is noteworthy that in most of these studies the PSORE gave
better fitting of kinetic curves than the PFORE. The calculated values of sorption capacities
at equilibrium general overestimate the experimental results (see Appendix B.3).

The intraparticle diffusivity coefficient (deduced from the application of the RIDE
to experimental profiles) hardly varies with the sorbent: 6.84 ± 0.22 × 10−9 m2 min−1

for A*PEI and 7.2–8.1 × 10−9 m2 min−1 for SA*PEI (depending on the temperature).
This means that the intraparticle transfer is little enhanced into the slightly more porous
sorbent (i.e., SA*PEI). These values are comparable to the diffusivity coefficient (i.e.,
7.2 × 10−9 m2 min−1) reported by Morig and Gopala Rao [67] in the case of Dowex 50W-X8
sulfonic resin. These values are only one order of magnitude lower than the self-diffusivity
of Sr(II) in water (i.e., 4.76 × 10−8 m2 min−1, [68]). Strontium diffusion in A*PEI and
SA*PEI sorbents is facilitated compared with porous polymer-coated hydroxyapatite (i.e.,
1.8 × 10−10 m2 min−1) [69].

2.2.3. Sorption Isotherms

Sorption isotherms are summarized in Figure 5 (qeq vs. Ceq); the triplicate series are
superposed: The sorption tests are reproducible. Consistently with previous results, the
sulfonation of A*PEI strongly enhances the sorption of strontium: Both (a) the saturation
plateau (i.e., the maximum sorption capacity for Ceq ≈ 5 mmol Sr g−1) from 0.587 ± 0.015
to 1.870 ± 0.029 mmol Sr g−1, and (b) the affinity coefficient (which is correlated with the
initial slope of the curve). In A*PEI, carboxylate and amine groups potentially contribute to
Sr(II) binding with low affinity: The sorption capacity weakly progresses with increasing
metal concentration. Based on the nominal values of their pKa, the deprotonation of the
reactive groups makes carboxylate groups more available than primary amine groups
present on PEI for Sr(II) binding. The sulfonation brings additional reactive groups that
are good cation exchangers and remain fully deprotonated at pH 4. These strong reactive
groups may explain the sharp increase in sorption capacity: The initial slope is much
steeper (stronger affinity) and the density of reactive groups increases.

Figure 5 also presents the sorption isotherm at T: 50 ◦C for SA*PEI. Both the maximum
sorption capacity (from 1.870 ± 0.029 to 2.340 ± 0.049 mmol Sr g−1) and the affinity
increase with sorbent functionalization: This is consistent with the results obtained in
the study of pH effect and uptake kinetics. Increasing the temperature enhances metal
binding; the sorption of Sr(II) onto SA*PEI is endothermic. This probably means that
the mechanism of Sr(II) binding to sulfonate groups is endothermic. Wang et al. [70]
modified the macroporous styrene chelating resin (with diglycolamidic acid functional
group) by grafting sulfonic groups for Pb(II) binding: They found that metal sorption is
endothermic. Shin et al. [65] also reported endothermic sorption of Sr(II) onto biochar (and
magnetic biochar). A similar conclusion was obtained in the case of Sr(II) binding onto
sulfactant-functionalized polyacrylonitrile [64].

The sorption isotherms were fitted with different models (appearing in Table A3
(b)). In Figure 5, the solid lines represent the fitting of isotherms for SA*PEI with the
Langmuir equation at pH0 4 (and the Freundlich equation for A*PEI at pH0 5). The
parameters of the different models are reported in Table 2 (combining the triplicated series;
Table A5 (a–c) report the individualized treatment of the experimental series). Maximum
sorption at saturation of the monolayer (Langmuir model) substantially increases after
functionalization (from 0.997 ± 0.113 to 2.057 ± 0.052 mmol Sr g−1), as does also the affinity
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coefficient (bL: From 0.282 ± 0.070 to 1.943 ± 0.164 L mmol−1). With the endothermic
nature of Sr(II) sorption onto SA*PEI, the Langmuir parameters increase at T: 50 ◦C up to
2.327 ± 0.045 mmol Sr g−1 and 4.760 ± 0.099 L mmol−1.
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Figure 5. Sr(II) sorption isotherms on A*PEI and SA*PEI beads—Modeling with Langmuir equation
or Freundlich equation (C0: 0.12–5.82 mmol Sr L−1; SD: 0.666 g L−1; T: 20 ± 1 ◦C (for A*PEI and
SA*APEI) and at T: 50 ± 1 ◦C (for SA*PEI, c); pH0: 5 and 4 for A*PEI and SA*PEI, resp.; average
values/std.dev.; fitting on cumulated series).

Table 2. Sr(II) sorption isotherms using A*PEI and SA*PEI—parameters of Langmuir, Freundlich,
Sips, and Temkin models.

Sorbent A*PEI SA*PEI

Temperature
20 ± 1 ◦C 20 ± 1 ◦C 50 ± 1 ◦C

Model Parameter

Experim. qm,exp. 0.607 1.91 2.40

Langmuir

qeq,L 0.977 2.05 2.33
bL 0.278 1.94 4.88
R2 0.981 0.992 0.969

AIC −214 −164 −110

Langmuir dual site

qeq,L1 - 0.192 0.903
bL1 - 63.4 34.0

qeq,L2 - 1.94 1.65
bL2 - 1.41 1.36
R2 - 0.994 0.986

AIC - −180 −136

Freundlich

kF 0.221 1.18 1.66
nF 1.67 2.87 3.61
R2 0.986 0.968 0.956

AIC −231 −128 −104

Sips

qeq,S - 2.33 2.83
bS - 1.29 1.83
nS - 1.29 1.62
R2 - 0.994 0.984

AIC - −177 −134

Temkin

AT 9.37 46.4 162
bT 18,440 7028 7552
R2 0.899 0.981 0.984

AIC −168 −145 −118

Temkin-II

qT - 0.434 0.395
KT - 18.2 92.2
R2 - 0.991 0.984

AIC - −168 −137

Units: q, mmol g−1; b and KT, L mmol−1; n, dimensionless; kF, mmol1−1/nF L−1/nF g−1; AT, L mmol−1; bT,
J mmol−1; fitting processed on cumulative triplicates.
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Alternate fittings are presented in Figure A13. The comparison of the different models
shows that for A*PEI sorbent the Freundlich equation fits better experimental data than the
Langmuir and the Sips equations. This model supposes that sorption occurs with possible
interactions between sorbed molecules and with heterogeneous energies of sorption. On
the opposite hand, for SA*PEI sorbent the Sips equation (with a combination of Langmuir
and Freundlich equations) is more appropriate. The Langmuir equation is a mechanistic
equation based on the homogeneous sorption of sorbate at the surface of the sorbent, as a
monolayer without interactions between sorbate molecules. The Sips equation introduces a
third-adjustable parameter that may contribute to better mathematical fit (at the expense
of a loss in physical significance) (Figure A13a). The Temkin equation assumes that the
heat of adsorption of the molecules bound onto the monolayer linearly decreases with
its relative coverage and that there is a uniform distribution of heterogeneous binding
sites. It is usually inappropriate to fit the two extreme regions of the isotherm (i.e., low
concentration and saturation zone) [71]. This may explain the lower quality of curve fitting
(with the remarkable exception of the isotherm at 50 ◦C for SA*PEI. Chu [71] reported and
corrected the dimensional inconsistency commonly found in publications applying the
Temkin equation to solid/liquid sorption. In addition, several derived equations one of
these forms allows accommodating the Temkin equation to low concentration ranges (called
Temkin-II equation (Equation (1)), by opposition to the conventional equation reported in
Table 2):

Temkin-II qeq = qT ln
(
1 + KT Ceq

)
(1)

Herein, the Temkin-II equation improves the quality of the fit for SA*PEI at T: 20 ◦C;
while the improvement for T: 50 ◦C is less significant (Figure A13b).

The functionalized sorbent bears sulfonate groups in additional to the reactive groups
present on A*PEI. These reactive groups may have different affinities for the target metal;
this introduces heterogeneities at the surface of the sorbent, which can be accounted for
using the Langmuir dual site equation (LDS) [72]:

qeq =
qL1 bL1 Ceq

1 + bL1 Ceq
+

qL2 bL2 Ceq

1 + bL2 Ceq
(2)

with qLi (mmol g−1), bLi (L mmol−1) as the maximum sorption capacities, and Langmuir
affinity coefficients for sites i = 1 and 2.

The LDS equation fits well experimental profiles (Figure A13c and Table 2, lowest
values of the AIC). One of the reactive groups is characterized by high sorption capacity
with low affinity (Site 1), while the other has a strong affinity for Sr(II) but with lower density
(sorption capacity) (Site 2). It is noteworthy that increasing the temperature differently
affects these two reactive groups: For Site 2, the parameters are weakly decreased at t: 50 ◦C,
while for Site 1, the maximum sorption capacity significantly increases but the affinity
is halved. Figure A14 compares the contributions of Sites 1 and 2 at 20 and 50 ◦C. With
increasing temperature, the relative contribution of Site 1 substantially increases (from
≈10% at T: 20 ◦C to 39% at T: 50 ◦C) [72].

Table A6 reports Sr(II) sorption performances of a series of alternative sorbents. Bacil-
lus pumilus bacteria show outstanding sorption capacity (about 3.4 mmol Sr g−1) under
environmental conditions (i.e., at pH 7) with weak affinity and slow kinetics (equilibrium re-
quires about five days of contact) [28]. Similarly, granular manganese oxide shows relatively
good sorption capacity, very weak affinity, and long equilibrium time [73]. The sorption
properties of SA*PEI, based on the compromise between sorption capacity and affinity,
kinetics, and pH, are comparable to those reported for amidoximated algal/PEI beads [38],
functionalized silica beads [74], functionalized graphene oxide [75], and graphene ox-
ide [76]. Compared with a commercial ion-exchanger (i.e., sulfonated Dowex 50W-X8 resin)
that also bears sulfonic groups, the sorption capacity, determined at lower pH (i.e., 3.7), is of
the same order (as well as the equilibrium time) while the affinity coefficient is significantly
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higher (up to 206 L mmol−1). Based on the selected criteria, SA*PEI is part of the most
efficient sorbents for Sr(II), as an alternative to Dowex 50W-X8 resin.

2.2.4. Binding Mechanisms

Elemental analysis, titration, and FTIR characterization have shown the effective sul-
fonation of the pristine sorbent. The comparison of sorption properties of A*PEI and SA*PEI
showed a strong improvement in sorption properties. This is due to the supplementary
binding of Sr(II) to the oxygen-based moieties of sulfonic groups; this is characterized by
the decrease in the relative intensities of –OH and sulfone groups bands in FTIR characteri-
zation after metal binding. The chelation of strontium cations (related to metal speciation)
onto –OH and amine groups results from a favorable balance between the charge of the
sorbent (resulting from pHPZC characterization and the study of pH effect on metal binding)
and the metal charge. On the other side, Ca2+ ions may be replaced with Sr2+ through an
ion-exchange mechanism. Scheme 2 shows the expected mechanism for the sorption of
Sr(II) ions onto pristine beads (A*PEI) and the sulfonated sorbent (SA*PEI).
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2.2.5. Sorption Selectivity

The sorption of Sr(II) onto SA*PEI may be influenced by the presence of other metal
ions which may have a certain affinity for the reactive groups present on the multi-
functional sorbent (carboxylic, amine and sulfonic groups). Obviously, the competition
effect exerted by their presence depends on the pH (tough the cross effects of protona-
tion/deprotonation of reactive groups and metal speciation). In order to evaluate this
potential effect, the sorption capacity of Sr(II) is determined at different pH values in
multi-component equimolar solutions containing Na(I) alkaline element), Ca(II) and Mg(II)
(alkaline-earth elements), Fe(III), and Al(III) (heavy metal elements). Under these condi-
tions, it is meaningful and easy to calculate the selectivity coefficient for Sr(II) against other
metal ions (i.e., SCSr/metal; ratio of relevant distribution ratios) as:

SCSr/metal =
DSr

Dmetal
=

qeq,Sr × Ceq,metal

Ceq,Sr × qeq,metal
(3)

Figure 6 shows that the selectivity of SA*PEI for Sr(II) against competitor metal ions
increases with the pH of the solution (for Fe(III) almost equivalent between pHeq 3.21 and
4.78). At pHeq 4.78, the selectivity ranking for SCSr/metal follows the order:

Cs(I) (2.9) > Fe(III) (5.6) > Al(III) (11.8) > Ca(II) (12.2) > Mg(II) (13.5) > Na(I) (25.0).
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In the case of Dowex 50W-X8 sulfonic resin, Bonner [77] reported the selectivity of
the resin according: Cs(I) > Na(I) and Sr(II) > Ca(II) > Mg(II) (also confirmed for divalent
cations by Iyer et al. [78]). This is roughly consistent with the specific observation collected
herein. Pelhivan and Altun [79] established that the selectivity of sulfonic functions on
Dowex 50W increases with atomic number, valence, and degree of ionization of exchanged
metal ions. On the other side, Gupta [80] reported the effect of hydration enthalpy of
monovalent ions. These different correlations are reported in Figure A15. The data are
grouped by ionic charge and show that in each family the selectivity coefficient for Sr(II)
against competitor ions: (a) decreases with increasing the atomic number, and the ionic
radius and (b) increases with the hydration enthalpy (absolute value). Comparing the
competitor effects of Ca(II) and Mg(II) with that of K(I) on Sr(II) sorption by resorcinol-
formaldehyde resin, Nur et al. [34] highlighted the effect of charge difference and the
inner-sphere complexation behavior of divalent cations.
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Figure 6. Effect of pH on the selectivity coefficient SCSr/Metal for multi-component equimolar solu-
tions (C0: 1 mmol L−1; SD: 1.6 g L−1; T: 20 ± 1 ◦C; time: 24 h).

The sorbent has clearly a marked preference for Sr(II) and Cs(I). Figure A16 shows the
SCCs/metal for the different metals with varying pH. The response to pH is less “monotonous”
than for Sr(II) selectivity. Hence, the optimum separation of Cs(I) from Sr(II), Fe(III) occurs
at pHeq 1.21 and 2.39, respectively; while for other metal ions, the highest values for SC are
reported at pHeq 4.19–4.78.

Figure A17 tests the correlation of the affinity of the metals for SA*PEI with their
physicochemical properties: The individual distribution coefficients are plotted against the
ionic index (i.e., I.I. = Z2/r) and the covalent index (i.e., C.I. = Xm

2 r), where Z and Xm are
the charge and the Pauling electronegativity of metal ions. Figure A17 clearly confirms the
out-of-trend behavior of SA*PEI for Sr(II) and Cs(I) compared with the other competitor
ions: Their distribution ratio is much larger for Sr(II) > Cs(I) and much more for the other
mono-, di-, tri-valent cations. For the competitor ions, the distribution ratio follows a linear
trend against C.I (higher correlation than for I.I.).

2.2.6. Effect of Salinity (NaCl) on Sr(II) Sorption

In an attempt to evaluate the potential of SA*PEI to be applied for seawater treatment,
the effect of NaCl concentration is investigated: Figure A18 compares the effect of pH
on Sr(II) capacity with increasing Na,Cl concentrations (from 1 to 4 M; the curve without
NaCl addition is reported as a reminder, though processed under different experimental
conditions). The salt concentration does not change the global behavior of the sorbent: The
sorption capacity increases up to pHeq 4 before decreasing. The slopes of the two sections
are parallel and hardly changed by salt concentration. The decrease in sorption capacity
becomes significant above 2 M. However, even with a Na,Cl concentration as high as 4 M,
the sorption capacity, at pHeq ≈4, only decreases by 26% (from 0.996 mmol Sr g−1, average
value for 0–2 M data, vs. 0.735 mmol Sr g−1). The little decrease in sorption capacities
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may be explained by the co-sorption of Na(I) (not shown, up to 20 mmol Na g−1 at the
highest Na,Cl concentration and higher pH value); however, despite this strong sorption,
the decrease is relatively limited, meaning that different functional groups are involved in
Na(I) and Sr(II) binding. The mineral charge in seawater does not exceed 3.5% (w/w); with
Na,Cl content close to 0.65 M. Despite an excess of NaCl as high as 2 M (even higher than
in seawater), the sorption of Sr(II) is hardly affected: Sorption capacity remains close to
0.97 mmol Sr g−1 (under selected experimental conditions). This stability is remarkable
because of the risk for alginate to be partially dissolved in a such high concentration of
sodium (ion-exchange of Ca2+ with Na+); this means that the interpenetrating network
(alginate/PEI with ionotropic gelation and glutaraldehyde crosslinking) contributes to
stabilizing the material. This outstanding stability in sorption performance in complex
solutions contrasts with the significant decrease in strontium sorption observed by Yin
et al. [81], while using biogene-derived aerogels (imprinted dopamine-alginate materials):
The sorption efficiency was divided by three even with Na,Cl concentration as low as
0.1 M. In the case of alginate microsphere, the sorption capacity of Sr(II) was decreased
by 60% in presence of NaCl (0.65 M) [58]. In the presence of high concentrations of NaCl,
Ca-alginate may be converted into Na-alginate, which can be dissolved and involve the
de-structuration of the hydrogel. However, apparently under concentrations as high as
3–4 M NaCl, the multiple mechanisms of crosslinking involved in the preparation of the
sorbent (alginate interaction with amine groups (at appropriate pH), amine crosslinking
with glutaraldehyde, and ionotropic gelation of carboxylate groups with Ca(II) lead to
stable interpenetrating networks. Therefore, the reduction in sorption performance at the
highest concentrations may be due to a partial degradation of the hydrogel; however, the
material shows a good overall stability.

The distribution ratios (i.e., D, L g−1, not shown) increase with pH for Na(I), contrary
to Sr(II) (which showed a maximum for pH 4), and decrease with increasing Na,Cl con-
centration (from 0.0093 to 0.0029 L g−1). At pH 4, the D ratio for Sr(II) is 215 to 465 times
higher than the value for Na(I). This is consistent with competitor studies (Sections 2.2.5
and 2.2.6) and with the remarkable preference of SA*PEI for Sr(II) against Na(I); this is a
good indication of the interest of the sorbent for application in seawater (see Section 2.3).

2.2.7. Sr(II) Desorption from Metal-Loaded SA*PEI and Sorbent Recycling

Strontium desorption was operated using an acidic solution; the weak sorption in
acidic solutions is the first incentive for using acidic solutions. Hong et al. [58] reported
the successful desorption of strontium from alginate beads; however, they pointed out
substantial degradation at repeated use. Therefore, they used 0.1 M HCl/CaCl2 solutions;
the presence of calcium allows for re-structuring of the hydrogel beads by ionotropic
gelation. A combined 0.2 M HCl/0.5 M CaCl2 solution was used for recovering strontium
from amidoximated algal/PEI beads, with complete desorption of the metal and stable
re-use. In the case of granular manganese oxide, strontium was recovered with 1 M HNO3
solution as the eluent [73]. They obtained very low desorption rates with this sorbent where
the metal is tightly bound.

Figure A19 compares the kinetic profiles for Sr(II) desorption using the metal-loaded
materials recovered at the end of uptake kinetics and 0.3 M HCl solution as the eluent.
Some discrepancies are observed in the repetition tests; however, in all cases, the desorption
is fully achieved within 20–40 min. Apparently, the desorption is slightly faster for SA*PEI
compared with A*PEI at 20 ◦C. It is noteworthy that the slowest desorption kinetics
are obtained for the sorbent loaded at 50 ◦C: The thermal activation leads to a stronger
interaction between the sorbent and Sr(II) (consistently with the affinity coefficients).

The re-use of the sorbents (over 5 cycles) is reported in Table 3. The two sorbents show
remarkable stability in terms of desorption efficiency along the five cycles. However, the
comparison of sorption efficiencies shows marked differences between A*PEI and SA*PEI.
In the case of A*PEI, the sorption progressively decreases during the recycling tests. Since
the desorption is complete, the loss in sorption capacity, which reaches up to 12% in the
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fifth cycle, is probably associated with a degradation of the sorbent. Some changes have
been observed in the FTIR analysis (see Section 2.1), as a confirmation of this hypothesis.
On the opposite hand, the sulfonated material shows outstanding stability in sorption
efficiencies (the loss at the fifth cycle is less than 2%).

Table 3. Sorbent recycling—Sorption efficiency (SE, %) and desorption efficiency (DE, %) for five
successive cycles.

Sorbent A*PEI SA*PEI

Cycle SE (%) DE (%) SE (%) DE (%)

Aver. St. dev. Aver. St. dev. Aver. St. dev. Aver. St. dev.

#1 10.73 0.85 100.5 0.4 58.7 1.8 99.9 0.2
#2 10.22 0.85 104.9 7.6 58.6 1.8 100.0 0.1
#3 9.86 0.61 100.1 0.6 58.3 1.7 100.0 0.1
#4 9.75 0.65 99.7 0.1 57.8 1.8 100.0 0.0
#5 9.46 1.01 100.2 0.3 57.7 1.8 100.0 0.0

Loss (5th/1st) 11.8% S and C 1.7% S and C

Different types of eluent have been reported for strontium elution, for example, sodium
carbonate in the case of imprinted bio-hydrogel (with a loss in sorption that reaches up
to 17% at the fifth cycle) [81]. In the case of analogous sulfonic resin (Dowex 50W-X8),
Hafizi et al. [36] reported that EDTA is more efficient than acid solutions for Sr(II) elution;
however, the recycling of the sorbent was not qualified in their contribution.

Note: Complementary interpretations and analyses of experimental data on sorption
properties are reported in Appendix B.

2.3. Application to Complex Solution—Seawater

Section 2.2.5 confirmed that SA*PEI has a marked preference for Sr(II) against a series
of alkaline, alkaline-earth, and heavy metals (and Cs(I) to a lesser extent). The next step
consists in testing the sorption performances in even more complex systems such as sea-
water. Table A7 reports the composition of two samples collected from the Mediterranean
and the Red Sea coasts. Strontium is present in concentrations as low as 4–6 mg Sr L−1

with a very large excess of Na(I) (up to 14 g Na L−1), Mg(II) (up to 1.5 g Mg L−1). As a
corollary, chloride ions are in huge excess (about 19 g Cl L−1). These tests are necessary for
evaluating the potential of this material for the treatment of contaminated seawater (such
as resulting from the Fukushima Daiichi disaster, [82]).

Figure A20 reports the uptake kinetics for Sr(II) using SA*PEI sorbent for both the
Mediterranean and Red Sea water samples. The complexity of the solutions strongly
decreases the mass transfer properties: (a) for Sr(II) and B(III) a short lag phase lasting for
2–3 h occurs before the concentrations decrease (not observed with uranyl), and (b) reaching
the equilibrium requires about 24 h of contact. Bezhin et al. [66] compared different sorbents
for the recovery of Cs(I) and Sr(II) from seawater; they also reported quite slow kinetics
(in most cases equilibrium was reached after more than 24 h of agitation, especially for
strontium removal); the faster Sr(II) uptake was reported for copper potassium ferrocyanide
supported on phosphorylated wood. In the case of Sr(II) sorption from seawater using
alginate microspheres, Hong et al. observed also slow kinetics: 6 h are necessary (with high
SD: 2 g L−1; herein the SD: 0.2 g L−1).

The sorption capacities reached under selected experimental conditions (which do
not cover the saturation of the sorbent) are reported in Figure A21. The direct comparison
of sorption capacities in seawater with the values reached with synthetic solutions is not
possible; the pH is not adjusted (the “natural” pH is close to 7.5; pHeq ≈7.6); and the sorbent
dosages are not the same. However, in synthetic solution, for Sr(II) residual concentrations
in the range 2.41–2.76 mg Sr L−1 the sorption capacities onto SA*PEI at pH 5.19 range
between 2.90 and 4.37 mg Sr g−1 (i.e., 33–50 µmol Sr g−1; SD: 0.67 g L−1). In the case of
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seawater samples, for residual concentrations ranging between 2.99 and 4.57 mg Sr L−1,
the sorption capacities reach 6.14–6.99 mg Sr g−1 (i.e., 70–80 µmol Sr g−1, SD: 0.2 g L−1).
This means that despite the complexity of the background solution, which affects strontium
speciation, the sorption is weakly affected. Kirishima et al. [82] discussed the speciation
of strontium in seawater; they concluded that the metal may coexist under two forms
sulfate “aquo” complex (i.e., SrSO4aq, ≈60%) and free Sr2+ (≈40%). Bezhin et al. [66]
summarized the maximum sorption capacities of three sorbents for Sr(II) removal from
seawater. In the case of nanostructured crystalline hydroxyapatite, they found a capacity
close to 0.21 mg Sr g−1; for biogenic amorphous hydroxyapatite they cite a capacity close
to 2.3 mg Sr g−1. The maximum sorption capacity reaches about 7 mg Sr g−1 for birnessite-
type sorbent (i.e., a layered manganese oxide conditioned under sodium form). Therefore,
despite the unsaturation of SA*PEI under selected experimental conditions, the sorption
capacities sound very attractive and competitive.

Figure A21 also shows the data for boron and uranyl ions (at trace levels, apart from
major metals). The sorption levels for boron range between 4.8 and 5.8 mg B g−1 (i.e., 446–
533 µmol B g−1) are higher than those reached for uranyl (i.e., 0.078–0.098 µmol g−1). The
weak sorption of uranyl may be explained by the low concentration of uranium in seawater
but also perhaps by the effect of metal speciation under complex composition. Indeed,
Amphlett et al. [83] showed that in seawater uranyl ions are mainly present as anionic
species (more specifically: UO2(SO4)3

4−), which may be poorly available for binding onto
sulfonic groups. The distribution ratios for Sr(II), B(III), and U(VI) are close to D: 1.53–2.05,
1.66–1.94, and 3.04–3.79 L g−1, respectively (i.e., much higher than the D values obtained
for major elements, below 0.06 L g−1). The drastic differences in the relative concentrations
of major and trace elements strongly affect the distribution ratios and then the significance
of selectivity coefficients (SCSr/metal). However, a qualitative ranking can be evaluated:

Na(I) (72–86) > Mg(II) (48–66) > Ca(II) (34–43) > K(I) (26–38) >> B(III) (0.79–1.23) >
U(VI) (0.40–0.68).

This ranking is roughly consistent with the concentrating effect (CF = qeq/C0, L g−1):
Na(I) (≈0.023) < Mg(II) (≈0.031) < Ca(II) (≈0.045) < K(I) (≈0.056) << Sr(II) (≈1.31) ≈

B(III) (≈1.32) < U(VI) (≈2.02).
The distribution ratio (i.e., D) increases with the pH (not shown). For Na(I), K(I),

Mg(II) and Ca(II), D varies between 0.02 and 0.06 L g−1, this is 2 orders of magnitude lower
than the D ratio for Sr(II) (i.e., 1.53), B(III) (i.e., 1.94) and U(VI) (i.e., 3.79). This comparison
shows the preference of SA*PEI for Sr(II) (and boron or uranium) against alkaline and
alkaline-earth metals.

These preliminary results demonstrate that SA*PEI maintains good sorption perfor-
mance, concentrating effect for Sr(II) in seawater, despite the complexity of the matrix.
Noteworthy, the sorbent shows a remarkable concentrating effect for uranyl ions (despite
the effect of metal speciation).

3. Materials and Methods
3.1. Materials

Brown algae (Laminaria digitata) was supplied by Setalg (Pleubian-France). Branched
polyethylene imine (PEI; 50 %, w/w in water), cesium nitrate (CsNO3; 99%), strontium
nitrate (Sr(NO3)2; 99.99 %), sodium hydroxide (NaOH: ≥97.0%), calcium chloride (CaCl2
≥ 99.9%, in synthesis processes), 2-propene-1-sulfonic acid (≥99.99%), hydroxylamine-O-
sulfonic acid (≥99.99%), potassium persulfate (99.99%), sodium metabisulfite (99.99%) and
glutaraldehyde were purchased from Sigma-Aldrich (Taufkirchen, Germany). Poly(ethylene
glycol diglycidyl ether) (PEGDGE) is used for enhancing the stability through crosslinking
process. The salts used in selectivity tests (i.e., NaCl (≥99.98%), MgCl2·6H2O (99%), FeCl3
(≥99.5%), AlCl3·6H2O (95%)), were obtained from Guangdong Guanghua, Sci-Tech Co.,
Ltd. (Guangdong, China). Calcium chloride (CaCl2, 99.1%) was supplied from Shanghai
Makclin Biochemical Co., Ltd. (Shanghai, China). All other reagents are Prolabo products,
which were used as received.
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3.2. Synthesis of Sorbents

The synthesis of A*PEI has already been described. The concept is based on the partial
thermal extraction of alginate from algal biomass using Na2CO3. In a second step, PEI
was added to the mixture, which was further distributed through a thin nozzle into an
ionotropic gelation solution (containing both CaCl2 and glutaraldehyde, for creating an
interpenetrated network associating carboxylate gelation with calcium and crosslinking
of amine groups with glutaraldehyde) (Scheme A1, see Appendix C, which reports the
detailed experimental conditions).

The one-pot synthesis of SA*PEI (4 g) consisted of an original reaction involving the
reaction of two reagents bearing sulfonic acid groups (i.e., 2-propene-1-sulfonic acid (1.0 g)
and hydroxylamine-o-sulfonic acid (0.8 g)) with amine groups from PEI. The reaction took
place under reflux (at 90 ◦C), to produce sulfonic acid derivative (5.64 g; yield: ≈97% on
mass balance). Appendix C (and Scheme A2) provides detailed experimental conditions.
Scheme 2 shows the expected structure of the sorbent.

3.3. Characterization of Sorbents

The pH of zero charge (pHpzc) was measured using the pH-drift method [84]. The
FTIR spectra of samples (incorporated into a KBr disk, after dryness at 60 ◦C) were collected
using an IRTracer-100 FT-IR spectrometer (Shimadzu, Tokyo, Japan). SEM analyses were ac-
quired using a Phenom ProX -SEM; Thermo Fisher Scientific (Eindhoven, The Netherlands),
while the chemical composition of the sorbents (raw beads, after functionalization and
after metal-loading) was investigated using EDX analysis (energy dispersive X-ray analysis,
coupled to the SEM system). The BET surface area and the porosity of the sorbents were
determined using adsorption and desorption branches of N2 isotherms through Micromerit-
ics TriStar- II; Norcross, GA, USA, (system-77 K), while the BET equation was used for
surface area determination and the BJH method for porosity characterization. The samples
were firstly swept under N2 gas atmosphere for 4 h at 120 ◦C before testing. The thermal
decomposition (thermogravimetric analysis; TGA) of the samples was determined using
TG-DTA (Netzsch STA: 449-F3 Jupiter, NETZSCH-Gerätebau HGmbh, Selb, Germany); the
analysis was performed under nitrogen atmosphere, with 10 ◦C min-1 temperature ramp.
The pH of the solution was adjusted using a S220 Seven Compact pH/ionometer (Mettler-
Toledo, Shanghai, China). Strontium (and other metal ions) concentration were measured
using inductively coupled plasma atomic emission spectrometer- ICP-AES (ICPS-7510
Shimadzu, Tokyo, Japan) (after filtration using filter membranes, 1.2 µm pore size). Sodium
concentration in the solution was analyzed by flame atomic absorption spectrophotometry
(FAAS-AA 7000, Shimadzu, Tokyo, Japan).

3.4. Sorption and Desorption Procedures

Sorption and desorption tests were performed in batches. The suspensions containing
a given solid/liquid ratio (sorbent dose, SD = m/L, with m mass of sorbent (g) and
V volume of solution (L), at concentration C0, mmol Sr L−1) were agitated at 210 rpm
velocity. Unless specified, the standard temperature was 21 ± 1 ◦C. For uptake kinetics,
homogeneous samples were collected at fixed contact times and the residual concentration
(Ceq or C(t), mmol Sr L−1) was determined by ICP-AES. For sorption isotherms, the contact
time was fixed to 48 h. The initial pH0 of the solution was fixed using 0.1/1 M NaOH or
HNO3 solutions; the pH was not controlled during sorption, but the equilibrium pHeq was
monitored. The sorption capacity qeq (mmol Sr g−1) was deduced from the mass balance
equation; qeq = (C0 − Ceq) × V/m. The same method was used for investigating the
sorption properties from multi-component equimolar solutions, and for the evaluation of
sorption properties from seawater samples (two samples collected from the Mediterranean
Sea and the Red Sea).

For the study of desorption properties, the same experimental procedure was used
(batch tests); the Sr-loaded sorbents were collected from uptake kinetics. The desorption
kinetics using 0.3 M HCl solution were collected. In addition, the recycling of the sorbent

196



Molecules 2022, 27, 7128

was also tested for five successive cycles; a rinsing step (using demineralized water) was
systematically processed between each step. By mass balance, it was possible calculating
the sorption and desorption efficiencies.

Detailed experimental conditions are directly reported in the caption of the Figures.

4. Conclusions

The successful grafting of two types of sulfonic groups onto A*PEI using simultane-
ously two sulfonating agents (2-propylene-1-sulfonic acid and hydroxylamine-O-sulfonic
acid) triples the maximum sorption capacity (qeq,exp) of SA*PEI for Sr(II) from 0.61 to
1.91 mmol Sr g−1, at pHeq ≈4.5–5. S content reaches about 1 mmol S g−1 (maintaining
N content close to 2.14 mmol N g−1). The optimum initial pH is strictly found at pH0 4
for sulfonated sorbent (at pH0 5 for A*PEI). Sorption isotherms for SA*PEI can be fitted
by the Sips and the Langmuir dual site equations (confirmation of the contribution of
both sulfonate groups and amine—or carboxyl—groups, consistently with FTIR characteri-
zation). The sorption onto SA*PEI is endothermic (shown by the substantial increase in
sorption capacity and affinity coefficient with temperature increase from 20 to 50 ◦C). The
sulfonation also improves mass transfer properties: Equilibrium is reached within 40 min
(vs. 120 min for pristine beads), consistently with the enhancement of porous properties; the
kinetic profiles are fitted by the pseudo-first-order rate equation. The effective diffusivity
coefficient (De) is about one order of magnitude lower than the self-diffusivity of strontium
in water (limited contribution of intraparticle diffusion in the kinetic).

Sorption in multi-component (equimolar) solutions show the marked preference of
SA*PEI for Sr(II) (and Cs(I), to a lesser extent) against alkaline, alkaline-earth, and heavy
metals, especially at pHeq close to 4. Quantitative structure-activity relationship tools
confirm that strontium and cesium keep out the trends followed by other competitor
metals. For these competitor metals, the distribution ratio can be relatively well correlated
with the covalent index (rather than the ionic index). Selectivity for Sr(II) increases with
increasing the absolute value of hydration enthalpy and decreasing the ionic radius and the
atomic number (in each group of mono-, di-, and tri-valent cations). In even more complex
solutions (i.e., seawater), SA*PEI keeps goods affinity for Sr(II).

Strontium can be readily (and fastly) desorbed from loaded sorbent using 0.3 M HCl
solution as the eluent. Total desorption allows re-using the sorbent for successive cycles.
The sulfonation notably increased the stability in sorption performance for sulfonated
sorbent (loss in sorption efficiency does not exceed 1.7%) at the fifth cycle, compared with
A*PEI (loss close to 12%).
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SA*PEI sorbents.
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Figure A2. Semi-quantitative EDX analysis of the surface of A*PEI and SA*PEI sorbents.

Appendix A.2. Textural Properties

The isotherms of adsorption and desorption of N2 are characterized by a Type II profile
according to IUPAC classification [85]: The first section corresponds to a concave shape
followed by a linear section and terminated with a convex section (Figure A3a). This type
of isotherm is usually associated with non-porous or macroporous materials. However,
substantial differences are observed between A*PEI and its sulfonated derivative (SA*PEI).
First, the specific surface area (SSA) determined by BET analysis is substantially increased
from 2.1 to 7.4 m2 g−1. In addition, the hysteresis loop (sorption vs. desorption branches)
is much less marked for raw sorbent than its derivative that exhibits Type H3 hysteresis:
A*PEI profile correlates with the so-called Type II(a) isotherm, while SA*PEI corresponds
more to Type II(b) isotherm. H3 hysteresis loops are usually associated with aggregates of
platy particles [86].
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In the current case, the sorbent is based on a hydrogel structure resulting from the
interaction of alginate fraction from algal biomass and polyethylenimine; the sulfonation
of amine groups involves an expansion of the polymer structure with increased flexibility
(which may explain the larger hysteresis loop). The porous volume increases tenfold after
sulfonation; this is consistent with the larger SSA. Figure A3b shows the distribution of
pore width for the two sorbents. Not considering the broad section of the curves that
correspond to the macroporous regions (above 500 Å), A*PEI shows a principal pore size
fraction (which maximum is close to 34 Å); the pore width is calculated (BJH method) close
to 99–94 Å (restricted variation between measurements from adsorption and desorption
branches). In the case of sulfonated sorbent, a broader maximum is observed around 214 Å;
the difference in the values obtained from adsorption and desorption branches (332–199 Å)
is substantially larger than for A*PEI. From these observations, it is possible anticipating
that SA*PEI may have more favorable mass transfer characteristics than A*PEI.

Appendix A.3. Thermal Degradation Properties

The investigation of the thermal degradation of sorbents is reported in TGA and DrTG
profiles (Figure 1); Figure A4 shows the inset and outset temperatures with detailed weight
losses (WLs) for TGA curve. In the TGA curves, three transitions can be identified for
A*PEI against four transitions in SA*PEI.

The first transition corresponds to water release from sorbent at temperature below
177–211 ◦C, representing 20.2% and 10.8% WLs for A*PEI and SA*PEI, respectively.
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In the second stage of the degradation, the WLs represent 46.9% (177–404 ◦C) and
31.0% (211–389 ◦C), respectively. This step may be associated with the depolymerization of
PEI and carbohydrate ring and the degradation of carboxyl groups.

The last transition for A*PEI (404–890 ◦C) leads to a complementary WL of 26%. This
phase corresponds to the degradation of PEI (into CO, CO2, and CH4) [87], and the final
degradation of the char (produced in the preceding step).

This degradation profile is roughly consistent with the profile reported by Godiya
et al. [88]; however, the curve is shifted toward higher temperatures of degradation.

Contrary to A*PEI, the end of the degradation profile of SA*PEI shows two successive
waves: (a) 389–604 ◦C (WL: 27%), and (b) 604–890 ◦C (WL: 14%). The first transition
corresponds to sulfonate degradation (reported above 320 for sulfonate polystyrene/silica
composite, [89]). The last section corresponds to the degradation of the char. The sulfonate
derivative increases the thermal resistance of the composite. The residue represents 17.2%
while for the precursor the residue was less than 7%.
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DrTG curves confirm these trends (Figure 1b) and the global higher stability of the sul-
fonated derivative. The main observations can be summarized: Hardly marked inflection at
the water release phase, shift from 293.2 to 308.4 ◦C for the second step in the degradation,
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the shift of the peak at 498.4 ◦C (in A*PEI) toward lower temperature with functionalization
to 468.8 ◦C, accompanied by a shoulder at 537 ◦C, and shift of sharp weakly intense peak
at 580.85 ◦C, which is shifted toward higher temperature (i.e., 681.1 ◦C).

Appendix A.4. FTIR Spectroscopy

The sorbents are constituted of algal biomass (including alginate, meaning carboxylic
acid), polyethyleneimine (PEI, meaning primary, secondary, and tertiary amines), and
sulfonic acid (after functionalization) (Figure 2). The proper complexity of algal biomass
that contains many constituents [90,91], such as proteins, minerals, and carbohydrates
(alginate, mannitol, laminarin, cellulose, or polyphenols) makes the interpretation of FTIR
spectra very complex.

Rodriguez et al. [91] identified alginate in brown algae through: Guluronic acid
residues with bands at 1290, 1080, 1025, and 787 cm−1, mannuronic acid residues at 1320,
1030, 1019, 878, and 808 cm−1, and the ν(C-O) of uronic acids at 948 cm−1. The sulfate
esters of fucoidan (representing a weak fraction of carbohydrates) may be identified by
bands at 1260–1195 cm−1 (ν(S=O)). In the case of the interactions of PEI with Mesquite
Gum (MG, which also bears carboxylic groups), Pinilla-Torres et al. [92] reported a series of
bands representing the typical bands associated with PEI and carboxylic functions from
the MG:

• 3420 cm−1: ν(N-H) primary amine
• 3280 cm−1: ν(N-H), primary amine and Amide A band
• 1648 cm−1: ν(C=O)/ν(C-N), Amide I band
• 1551 cm−1: ν(N-H)primary in-plane δ(N-H)/ν(C-N)/ν(C-C), Amide II band
• 1241 cm−1: ν(C-N)/δ(N-H), Amide III band
• 1074 cm−1: ν(C-N)

Table A1 summarizes the main peaks appearing on the spectra of the sorbents before
and after Sr(II) sorption, and after the fifth cycle of desorption (to evaluate the potential
degradation of the sorbents). The sorbents show a broad band at 3430–3420 cm−1, which is
assigned to the overlapping of ν(N-H) and ν(O-H), while the bands at 2950–2930 cm−1 cor-
respond to ν(C-H). These bands are not significantly influenced by A*PEI functionalization
nor interactions with Sr(II) (metal sorption and desorption).
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The main effects of sulfonation on the FTIR spectrum of A*PEI are identified in
Figure A5 in the region of amine/amide bands, and carboxylic groups: The bands are
shifted and/or width-changed. In addition, typical bands of sulfonic groups are identified
at 1159 cm−1, for example.

Table A1. Assignment of main FTIR bands for A*PEI and SA*PEI before and after Sr(II) sorption, and
after the fifth desorption (sorbent recycling).

Vibration A*PEI A*PEI
+ Sr(II)

A*PEI after
5th Desorption SA*PEI SA*PEI

+ Sr(II)
SA*PEI after

5th Desorption Ref.

ν(N-H) + ν(O-H) 3429 3449–3428 3447–3429 3418 3443–3429 3422 [93]
ν(C-H) (aliphatic) 2934 2939 2934 2947 2932 2953 [93]

ν(C=O) 1767 1721 1765 [93]
δ(N-H)prim. 1622 1634 1620 1632 1618 1622 [93]

O-H, δ(N-H)2nd,
δ(C-H) 1383 1429 1422 1435 1429 1435 [93]

ν(S=O) 1339–1315
ν(C-O) 1256 1256

νs(C-N), νas(S=O) 1159 1171 1165 [94,95]
ν(C-O-C) carbohydr. 1092 1083 1086 1084 1086 1084 [96]
δ(O-H), νs(S=O),
νsk(C-O), ν(C-N) 1034 1031 1031 1030 1032 1030 [95–98]

δ(O-H) 943 945 941 941 [93]
ν(S=O) and δ(C-H) 847, 876 818 816, 852, 876 818, 852 816, 851, 878 818, 854 [98,99]
Sr-N, Sr-O bonds,

ν(S=O) 602 573 555 [99,100]

In Figure A6, the mains changes brought by Sr(II) sorption are identified. For A*PEI
(Figure A6a), the most significant changes concern:

• the region 1750–1700 cm−1, assigned to ν(C=O) for carboxylic groups: Shift toward
lower wavenumber and formation of a triplet of bands,

• the region 1660–1580 cm−1, assigned to amide bands (overlapped with amine groups):
Stronger signal with reduced width,

• the intense and broad band, resulting from the overlapping of different vibrations
(O-H, δ(N-H)2nd, δ(C-H)): Shift toward higher wavenumber and width reduction, and

• the region 950–800 cm−1, assigned to δ(O-H), δ(C-H) signals: Variations in the intensity
of the relevant signal.
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Different changes in FTIR spectra can be observed for SA*PEI (Figure A6b). The main
differences are observed:

(a) the region at ≈1702 cm−1 (weak shoulder), associated with residual ν(C=O) of car-
boxylic groups, that disappears (or is shifted toward lower wavenumber around
1652 cm−1, where it contributed to the widening of the band at 1632 cm−1,

(b) the region at ≈1632 cm−1, attributed to δ(N-H) (associated with amide I band):
Widening,

(c) the region at ≈1256 cm−1, assigned to ν(C-O): Intensity reduction,
(d) the band at 1159 cm−1, corresponding mainly to νas(S=O): Shift toward higher

wavenumber,
(e) the band at 602 cm−1, assigned to ν(S=O): Shifted toward lower wavenumber (and/or

replace with a signal associated with Sr-N and Sr-O bond).

After regeneration (at the end of the fifth sorption/desorption cycle), the FTIR spec-
tra maintain significant changes (Figure A7). Hence, for A*PEI, the most representative
differences concern:

(a) the band at 1620 cm−1: Width reduction,
(b) the band at 1383 cm−1: Width reduction and shift toward higher wavenumber, and
(c) the region at 950–800 cm−1: (weak) intensity reductions and shifts of local peaks.

In the case of SA*PEI, the sorbent appears relatively well restored and the FTIR spectra
are close between pristine sorbent and regenerated material:

(a) the shoulder at 1702 cm−1: Significantly reduced,
(b) the band at 1159 cm−1: Shift toward higher wavenumber (though less than after Sr(II)

sorption, and
(c) the band at 602 cm−1 is again shifted toward the lower wavenumber (more extensive

than after Sr(II) sorption).

Molecules 2022, 27, x FOR PEER REVIEW  27  of  44 
 

 

   

Figure A7. Effect of “environmental parameters” on the FTIR spectra of A*PEI (a) and SA*PEI (b) 

(sorbent after contact with solution at the pH of sorption, and sorbent after contact with the eluent). 

The comparison of the spectra suggests that the sorption of Sr(II) onto A*PEI involves 

amine  and  carboxyl  groups;  in  the  case  of  SA*PEI,  the modification  of  the  chemical 

environment of sulfonic appearing in the FTIR spectrum means that sulfonate groups are 

the main  binding  functional  groups  (with  the  contribution  of  amine  and  carboxylic 

groups). The regeneration of the sorbents (desorption with 0.3 M HCl solution, after the 

fifth desorption  step) does not  completely  restore  the material  in  their neat  form:  the 

functional groups (amine/amide, carboxyl, sulfonate) are partially regenerated. 

This final analysis depends on the FTIR spectra of the materials conditioned at the 

pH used for Sr(II) sorption (Figure A7) and analyzed after contact with 0.3 M HCl solution 

(with strontium) to isolate the relevant effects of sorbent conditioning and proper metal‐

sorbent interactions (and desorption). Globally, the contact of the sorbents with the metal‐

free  solutions  at  the  pH  selected  for  strontium  sorption  does  not  show  significant 

differences with pristine sorbents. Therefore,  the changes  in  the spectra observed after 

Sr(II) binding can be specifically attributed to the interactions of the metal with identified 

functional groups. 

The contact of A*PEI with 0.3 M HCl solution weakly affects the FTIR spectrum: the 

most significant changes concern the bands at 1383 cm−1 (δ(N‐H)), 1632 cm−1 (δ(N‐H)), 

and 1713 cm−1 (shifted from 1767 cm−1, ν(C=O)); the modification of these bands was also 

observed after Sr(II)  sorption. These bands are affected by  the protonation of  reactive 

groups, and/or their interaction with Sr(II). It is noteworthy that the regeneration of the 

sorbent  restores  the band at 1765  cm−1  contrary  to  the 0.3 M HCl‐conditioned  sorbent 

(Figure A7). In the case of SA*PEI, some specific bands appear (or are shifted) after being 

in contact with 0.3 M HCl solution: the band at 1748 cm−1, at 1383 cm−1 (strong shift of the 

band at 1435 cm−1), and 1128 cm−1. The recycled sorbent (after 5 cycles) shows a spectrum 

globally closer to the pristine sorbent than the protonated sorbent collected after contact 

with 0.3 M HCl solution  (Figure A8).  In addition,  the FTIR spectrum of SA*PEI  is  less 

affected by sorption and desorption cycles than A*PEI; consistently with higher stability 

of sorption performances (Table 3). 

40080012001600

T
ra

n
sm

it
ta

n
ce

 (
%

)

Wavenumber (cm-1)

A*PEI

A*PEI+Sr

A*PEI After 5 
cycles of Sorp/Des

A*PEI+soln

A*PEI After 
treatment with eluent

(a)

40080012001600

T
ra

n
sm

it
ta

nc
e 

(%
)

Wavenumber (cm-1)

SA*PEI

SA*PEI+Sr

SA*PEI After 5 cycles of Sorp/Des

SA*PEI+Soln

SA*PEI After 
treatment with eluent

(b)

Figure A7. Effect of “environmental parameters” on the FTIR spectra of A*PEI (a) and SA*PEI (b)
(sorbent after contact with solution at the pH of sorption, and sorbent after contact with the eluent).

The comparison of the spectra suggests that the sorption of Sr(II) onto A*PEI involves
amine and carboxyl groups; in the case of SA*PEI, the modification of the chemical environ-
ment of sulfonic appearing in the FTIR spectrum means that sulfonate groups are the main
binding functional groups (with the contribution of amine and carboxylic groups). The
regeneration of the sorbents (desorption with 0.3 M HCl solution, after the fifth desorption
step) does not completely restore the material in their neat form: The functional groups
(amine/amide, carboxyl, sulfonate) are partially regenerated.
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This final analysis depends on the FTIR spectra of the materials conditioned at the pH
used for Sr(II) sorption (Figure A7) and analyzed after contact with 0.3 M HCl solution (with
strontium) to isolate the relevant effects of sorbent conditioning and proper metal-sorbent
interactions (and desorption). Globally, the contact of the sorbents with the metal-free
solutions at the pH selected for strontium sorption does not show significant differences
with pristine sorbents. Therefore, the changes in the spectra observed after Sr(II) binding can
be specifically attributed to the interactions of the metal with identified functional groups.

The contact of A*PEI with 0.3 M HCl solution weakly affects the FTIR spectrum: The
most significant changes concern the bands at 1383 cm−1 (δ(N-H)), 1632 cm−1 (δ(N-H)),
and 1713 cm−1 (shifted from 1767 cm−1, ν(C=O)); the modification of these bands was
also observed after Sr(II) sorption. These bands are affected by the protonation of reactive
groups, and/or their interaction with Sr(II). It is noteworthy that the regeneration of the
sorbent restores the band at 1765 cm−1 contrary to the 0.3 M HCl-conditioned sorbent
(Figure A7). In the case of SA*PEI, some specific bands appear (or are shifted) after being in
contact with 0.3 M HCl solution: The band at 1748 cm−1, at 1383 cm−1 (strong shift of the
band at 1435 cm−1), and 1128 cm−1. The recycled sorbent (after 5 cycles) shows a spectrum
globally closer to the pristine sorbent than the protonated sorbent collected after contact
with 0.3 M HCl solution (Figure A8). In addition, the FTIR spectrum of SA*PEI is less
affected by sorption and desorption cycles than A*PEI; consistently with higher stability of
sorption performances (Table 3).
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sorption/desorption.

Appendix A.5. Elemental Analysis and pHPZC

The elemental analysis confirms the successful sulfonation of raw material
(1.04 mmol S g−1; consistent with the increase in O content); N content is not affected
by chemical modification (≈2.14 mmol N g−1). The grafting of acid reactive groups (sul-
fonic acid) induces a strong decrease of the pHPZC from 7.73–7.84 to 4.53–4.64. This is
consistent with the well-known character of sulfonic-based resins as strong cation exchang-
ers. The concentration of background salt (0.1 M vs. 1 M NaCl) hardly changes pHPZC
values (Figure A9).
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Table A2. Elemental analysis of A*PEI and SA*APEI.

Sorbent C (%) H (%) O (%) O
(mmol g−1) N (%) N

(mmol g−1) S (%) S
(mmol g−1)

A*PEI 35.97 11.95 36.13 22.58 3.02 2.156 0.19 0.0593
SA*PEI 34.84 13.84 43.61 27.26 2.97 2.121 3.32 1.036
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Appendix B. Sorption Properties

Appendix B.1. Modeling of Uptake Kinetics and Sorption Isotherms

Table A3. (a). Reminder on equations used for modeling uptake kinetics; (b). Reminder on equations
used for modeling sorption isotherms.

(a)

Model Equation Parameters Ref.

PFORE q(t) = qeq,1
(
1 − e−k1t) qeq,1 (mmol g−1): Sorption capacity at equilibrium

k1 (min−1): Apparent rate constant of PFORE
[101]

PSORE q(t) =
q2

eq,2k2t
1+k2qeq,2t

qeq,2 (mmol g−1): Sorption capacity at equilibrium
k2 (g mmol−1 min−1): Apparent rate constant of PSORE

[101]

RIDE

q(t)
qeq

= 1 −
∞
∑

n=1

6α(α+1) exp
(

−Deq2
n

r2 t
)

9+9α+q2
nα

2

With qn being the non-zero roots of
tan qn =

3 qn
3+αq2

n
and m q

V C0
= 1

1+α

De (m2 min−1): Effective diffusivity coefficient [102]

(b)

Model Equation Parameters Ref.

Langmuir qeq =
qm,LCeq
1+bLCeq

qm,L (mmol g−1): Sorption capacity at saturation
of monolayer

bL (L mmol−1): Affinity coefficient
[103]

Freundlich qeq = kFC1/nF
eq

kF (mmol g−1)/(mmol L−1)n
F and nF: Empirical

parameters of Freundlich equation
[104]

Sips qeq =
qm,SbSC

1/nS
eq

1+bSC
1/nS
eq

qm,L (mmol g−1), bS (mmol L−1)n
S, and nS: Empirical

parameters of Sips equation
(based on Langmuir and Freundlich equations)

[105]

Temkin qeq = RT
bT

ln
(
AT Ceq

) AT (L mmol−1): equilibrium binding capacity;
bT: Temkin constant related to sorption heat (J kg−1 mol−2)

[71,106]

(m (g): mass of sorbent; V (L): Volume of solution; C0 (mmol L−1): initial concentration of the solution).
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Akaike Information Criterion, AIC [107]:

AIC = N ln




∑N
i=0

(
yi,exp . − yi,model

)2

N


+ 2Np +

2Np
(
Np + 1

)

N − Np − 1

where N is the number of experimental points, Np the number of model parameters, yi,exp.
and yi,model the experimental and calculated values of the tested variable.

Appendix B.2. Effect of pH on Sr(II) Sorption
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Figure A10. pH effect on Sr(II) speciation (under experimental conditions from pH study; calculated
using Visual Minteq, [108]).
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Figure A11. pH effect on Sr(II) sorption using A*PEI and SA*PEI beads—pHeq vs. pH0 (C0:
1.17 mmol Sr L−1; Sorbent dosage, SD: 0.666 g L−1; T: 20 ± 1 ◦C (except for SA*PEI test at T:
50 ± 1 ◦C); time: 48 h).

The distribution ratio is defined, at equilibrium, as the ratio between sorption capacity
and residual metal concentration in the solution (D = qeq/Ceq, L g−1). Figure A12 shows
the log10 plots of D vs. equilibrium pH. The slope of this plot may be used for evaluating
the stoichiometry of proton exchange in ion-exchange processes (i.e., +2 for the exchange of
divalent cation with protons, +1 for monovalent cation; in the case of strong acid resin, or +1
for weak acid resin) [109]. From Figure 3, it is possible anticipating substantial differences
between A*PEI and SA*PEI. For the reference material, the distribution coefficient continu-
ously increases, and the slope is close to 0.163. On the opposite hand, for SA*PEI, whatever
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the temperature, two linear segments can be identified (with a breakpoint close to pH 4): in
acidic solutions, the slopes range between 0.39 and 0.43, while near neutral pH, the slopes
evolve between −0.36 and −0.40. Despite the good quality of the fits (R2 values), the slopes
are not consistent with the divalent charge of strontium. The contribution of several types
of reactive groups and/or alternative binding mechanisms could explain the impossibility
of appropriately fitting the slopes with the stoichiometric exchange ratio. Notably, the
absolute values of the slopes of the ascending and descending segments are very close
(+0.431/−0.401 at 50 ◦C, +0.390/−0.360 at 20 ◦C); meaning that the numbers of protons
exchanged (bound/released) per strontium are the same on both side of the extrema.
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Appendix B.3. Uptake Kinetics

The calculated sorption capacities at equilibrium slightly overestimate experimen-
tal values:

For A*PEI: 0.198 ± 0.003 mmol g−1 vs. 0.179 ± 0.010 mmol g−1.
For SA*PEI: 0.974 ± 0.009 mmol g−1 vs. 0.926 ± 0.002 mmol g−1.
The increase in temperature slightly increases the apparent rate coefficient:
A*PEI at 20 ◦C (5.02 ± 0.23 × 10−2 min−1) < SA*PEI at 50 ◦C (5.80 ± 0.07 × 10−2 min−1).
The fitted sorption capacities also slightly overestimate experimental values when

varying temperature:
For SA*PEI at 20 ◦C: 0.974 ± 0.009 mmol g−1 vs. 0.926 ± 0.002 mmol g−1.
For SA*PEI at 20 ◦C: 1.227 ± 0.034 mmol g−1 vs. 1.170 ± 0.029 mmol g−1.

Table A4. Sr(II) uptake kinetics using A*PEI and SA*APEI—Parameters of PFORE, PSORE, and RIDE
models (individual replicates).

Sorbent A*PEI SA*PEI

Temperature T: 20 ± 1 ◦C T: 20 ± 1 ◦C T: 50 ± 1 ◦C

Model Parameter # 1 # 2 # 3 # 1 # 2 # 3 # 1 # 2 # 3

Experim. qeq 0.181 0.177 0.180 0.939 0.921 0.917 1.18 1.20 1.13

PFORE

qeq,1 0.194 0.200 0.199 0.986 0.968 0.967 1.24 1.26 1.18
k1 × 102 2.20 1.89 2.06 5.14 5.21 4.70 5.72 5.88 5.80

R2 0.976 0.949 0.971 0.975 0.974 0.973 0.977 0.976 0.977
AIC −151 −137 −149 −97 −97 −96 −92 −92 −92
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Table A4. Cont.

Sorbent A*PEI SA*PEI

Temperature T: 20 ± 1 ◦C T: 20 ± 1 ◦C T: 50 ± 1 ◦C

Model Parameter # 1 # 2 # 3 # 1 # 2 # 3 # 1 # 2 # 3

PSORE

qeq,2 0.257 0.277 0.268 1.16 1.14 1.15 1.44 1.46 1.38
k2 × 102 7.43 5.40 6.45 5.03 5.22 4.56 4.72 4.83 5.01

R2 0.962 0.929 0.955 0.936 0.935 0.937 0.937 0.937 0.937
AIC −146 −134 −145 −86 −86 −86 −80 −80 −80

RIDE
De × 109 7.06 6.54 6.93 8.30 8.54 7.48 7.22 7.14 7.26

R2 0.956 0.920 0.947 0.939 0.939 0.938 0.936 0.935 0.936
AIC −140 −129 −138 −81 −82 −81 −75 −74 −75

Appendix B.4. Sorption Isotherms

Table A5. (a). Sr(II) sorption isotherms using A*PEI (individual replicates); (b). Sr(II) sorption
isotherms using SA*PEI, at T: 20 ◦C (individual replicates); (c). Sr(II) sorption isotherms using SA*PEI,
at T: 50 ◦C (individual replicates).

(a)

Series #

Model Parameter 1 2 3

Experim. qm,exp. 0.584 0.570 0.607

Langmuir

qeq,L 1.140 0.864 0.988
bL 0.195 0.366 0.286
R2 0.987 0.993 0.983

AIC −75 −83 −74

Freundlich

kF 0.199 0.233 0.230
nF 1.54 1.77 1.70
R2 0.991 0.993 0.991

AIC −82 −85 −81

Temkin

AT 8.32 9.51 10.4
bT 18388 18348 18550
R2 0.893 0.943 0.908

AIC −54 −62 −56

(b)

Series #

Model Parameter 1 2 3

Experim. qm,exp. 1.86 1.84 1.91

Langmuir

qeq,L 2.02 2.02 2.13
bL 1.93 2.15 1.75
R2 0.993 0.995 0.994

AIC −55 −58 −57

Freundlich

kF 2.90 1.20 1.19
nF 1.67 2.92 2.77
R2 0.908 0.971 0.975

AIC 28 −42 −43

Sips

qeq,S 2.34 2.24 2.41
bS 1.21 1.47 1.21
nS 1.34 1.26 1.27
R2 0.995 0.996 0.995

AIC −58 −61 −58

Temkin

AT 47.1 49.9 42.3
bT 7187 7114 6785
R2 0.985 0.988 0.982

AIC −49 −51 −47
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Table A5. Cont.

(c)

Series #

Model Parameter 1 2 3

Experim. qm,exp. 2.40 2.28 2.34

Langmuir

qeq,L 2.38 2.27 2.33
bL 4.90 4.68 4.70
R2 0.968 0.969 0.988

AIC −33 −34 −46

Freundlich

kF 1.70 1.63 1.66
nF 3.66 3.64 3.55
R2 0.963 0.968 0.960

AIC −33 −36 −33

Sips

qeq,S 2.97 2.96 2.61
bS 1.69 1.48 2.51
nS 1.69 1.80 1.37
R2 0.985 0.986 0.995

AIC −40 −42 −52

Temkin

AT 165.7 205.3 121.8
bT 7404 8081 7144
R2 0.987 0.985 0.995

AIC −45 −45 −56

Units: q, mmol g−1; b, L mmol−1; n, dimensionless; kF, mmol1−1/nF L−1/nF g−1; AT, L mmol−1;bT, J mmol−1.

Table A6. Comparison of Sr(II) sorption properties with alternative sorbents (for T ≈ 20 ◦C; Nat.:
natural pH or non-documented).

Sorbent pH Time (min) qm,exp (mmol g−1) qm,L (mmol g−1) bL (L mmol−1) Ref.

Dowex 50W8 sulfonic resin 3.7 60 1.43 1.43 206 [36]
Alginate microsphere 6 1440 1.20 1.27 8.24 [58]

Resorcinol-formaldehyde resin 7 1440 - 1.14 - [34]
Sulfonated polyaniline sorbent Nat. 40 1.01 1.05 4.73 [110]
Amidoximated algal/PEI beads 6 90 2.16 2.36 2.01 [38]

Crab carapace Nat. 240 0.038 0.045 11.4 [111]
SrTreat® Nat. 60 0.104 0.109 265 [111]

Kurion-TS™ Nat. 60 0.128 0.230 492 [111]
Mixed-bed resin (T-46/A-33) 7 30 - 0.109 0.084 [35]
Functionalized silica beads 8 60 1.38 1.57 1.41 [74]

Magnetic composite sulfonated sorbent 10 180 0.539 - - [30]
Salvadora persica biomass 7 60 - 0.474 0.237 [27]

Fly ash-based zeolite 5.4 720 0.681 0.749 0.756 [112]
Photinia serrulata leaf >4 30 0.120 0.138 11.0 [113]

S. cerevisiae-Fe3O4 composite 6 960 - 0.234 1.33 [29]
Bacillus pumilus SWU7–1 7 7200 3.14 3.42 2.89 [28]

Modified montmorillonite 7 30 - 0.028 40.2 [114]
Granular manganese oxide - 4800 1.2 1.9 0.1 [73]

Zr-metal-organic framework Nat. 5 - 0.871 2.51 [115]
Functionalized graphene oxide 2 60 1.37 1.44 3.03 [75]

SLS/polyacrylonitrile 11.5 800 0.4 0.376 10.8 [64]
PVA/graphene oxide aerogel 7 480 0.228 0.229 239 [116]

Graphene oxide 5 20 0.97 1.50 0.850 [76]
ZrSn(IV) phosphate nanocomp. 8 120 - 0.202 3.94 [117]

A*PEI 5 120 0.607 0.977 0.278 This study
SA*PEI 5 40 1.91 2.05 1.94 This study
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Figure A13. Sr(II) sorption isotherms on A*PEI and SA*PEI beads—Modeling with Freundlich
equation for A*PEI and Sips equation (a), Temkin-II equation (b), and Langmuir dual site (LDS) (c) for
SA*PEI (C0: 0.12–5.82 mmol Sr L−1; SD: 0.666 g L−1; T: 20 ± 1 ◦C (for A*PEI and SA*APEI) and at T:
50 ± 1 ◦C (for SA*PEI, c); pH0: 5; triplicated series; fitting on cumulated series).
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Figure A14. Contributions of Sites 1 and 2 in the Sr(II) sorption isotherms for SA*PEI at T: 20 and
50 ◦C.
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solutions (C0: 1 mmol L−1; SD: 1.6 g L−1; T: 20 ± 1 ◦C; time: 24 h).

The distribution ratios (i.e., D, L g−1, not shown) increase with pH for Na(I), contrary
to Sr(II) (which showed a maximum for pH 4), and decrease with increasing Na,Cl con-
centration (from 0.0093 to 0.0029 L g−1). At pH 4, the D ratio for Sr(II) is 215 to 465 times
higher than the value for Na(I). This is consistent with competitor studies (Sections 2.2.5
and 2.2.6) and with the remarkable preference of SA*PEI for Sr(II) against Na(I); this is a
good indication of the interest of the sorbent for application in seawater (see Section 2.3).
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Figure A19. Desorption kinetics for Sr(II)-loaded sorbents (collected from uptake kinetics) using
0.3 M HCl solutions (SD: 2.67 g L−1; T: 20 ± 1 ◦C; v: 210 rpm).

Appendix B.7. Application to Seawater Samples

The Red Sea is characterized by a higher Sr(II) content than the Mediterranean sea
(Table A6). Actually, this may be explained by the geologic environment of the local

212



Molecules 2022, 27, 7128

Egyptian coast. Strontium deposits occur in the Quseir-Marsa Alam area in the sedimentary
rocks of the late Miocene. The concentration of strontium reaches up to 1% (as SrSO4
mineral). The Quseir-Marsa Alam area is regularly exposed to violent and short rains
during the winter season, forming torrents that lead to the transfer of many blocks and/or
fragments of rocks (containing SrSO4) to the Red Sea, in addition to natural drainage of
strontium-containing solutions [118,119].

Table A7. Composition of seawater samples (major metal ions and selected traces).

Metal Ion Units Mediterranean Sea Red Sea

Na(I) g L−1 13.03 14.10
K(I) mg L−1 554.8 489.5

Mg(II) mg L−1 1424 1504
Ca(II) mg L−1 555.3 568.4
Sr(II) mg L−1 4.218 5.968
B(III) mg L−1 3.856 4.119
U(VI) µg L−1 9.8 10.9
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Figure A20. Uptake kinetics for the recovery of trace metal ions (Sr(II) (a), B(III) (b), and U(VI) (c))
from seawater samples (natural pH: ≈7.5; SD: 0.2 g L−1; v: 210 rpm).

Molecules 2022, 27, x FOR PEER REVIEW  38  of  44 
 

 

 

Figure A20. Uptake kinetics for the recovery of trace metal ions (Sr(II) (a), B(III) (b), and U(VI) (c)) 

from seawater samples (natural pH: ≈7.5; SD: 0.2 g L−1; v: 210 rpm). 

 

Figure A21. Recovery of trace metal ions (Sr(II), B(III), and U(VI)) from seawater samples (natural 

pH: ≈7.5; SD: 0.2 g L−1; time: 24 h; v: 210 rpm). 

Appendix C. Synthesis of Sorbents 

Appendix C.1. Manufacturing of A*PEI Beads 

The synthesis of algal‐PEI beads was already described [120]. Algal/PEI beads were 

prepared through three steps (see Scheme A1). After grinding (≈ 250 μm) and sieving the 

algal biomass (L. digitata), the algae (30 g) was dispersed into 800 mL of Na2CO3 solution 

(1%, w/w),  this suspension was maintained under agitation at 50 °C  for 24 h. This step 

allows the partial extraction of alginate from algae. Five mL of PEI (50%, w/w) was added 

to the mixture (second step) before dropping the mixture into 2 L of CaCl2 solution (1%, 

w/w) for ionotropic gelation of extracted alginate (third step) (by the interaction of calcium 

with carboxylate groups). This gelation bath was completed with glutaraldehyde (GA, 5 

mL,  50%  w/w)  for  linkage  between  amine  groups  in  PEI  and  for  creating  an 

interpenetrating network (alginate carboxylic groups/Ca(II) and PE amine groups/GA). 

These reactions contribute to the stability of the material. The beads were freeze‐dried for 

two days  (−52  °C, 0.1 mbar)  for work organization  reasons; however, alternative  tests 

showed that shorter operating time (i.e., overnight, ≈15 h) is sufficient for achieving the 

freeze‐drying. Scheme A1 reports the structure and the principle of A*PEI synthesis. 

0.5

0.6

0.7

0.8

0.9

1

0 6 12 18 24

Med. Sea
Red Sea

Time (h)

C
(t

)/
C

0

(c)

U(VI)

0

200

400

600

Sr(II) B(III)

Med. Sea

Red Sea

q
eq

(µ
m

ol
g-1

)

0

0.02

0.04

0.06

0.08

0.1

U(VI)

q
eq

(n
m

olg
-1)
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Appendix C. Synthesis of Sorbents

Appendix C.1. Manufacturing of A*PEI Beads

The synthesis of algal-PEI beads was already described [120]. Algal/PEI beads were
prepared through three steps (see Scheme A1). After grinding (≈250 µm) and sieving the
algal biomass (L. digitata), the algae (30 g) was dispersed into 800 mL of Na2CO3 solution
(1%, w/w), this suspension was maintained under agitation at 50 ◦C for 24 h. This step
allows the partial extraction of alginate from algae. Five mL of PEI (50%, w/w) was added to
the mixture (second step) before dropping the mixture into 2 L of CaCl2 solution (1%, w/w)
for ionotropic gelation of extracted alginate (third step) (by the interaction of calcium with
carboxylate groups). This gelation bath was completed with glutaraldehyde (GA, 5 mL, 50%
w/w) for linkage between amine groups in PEI and for creating an interpenetrating network
(alginate carboxylic groups/Ca(II) and PE amine groups/GA). These reactions contribute
to the stability of the material. The beads were freeze-dried for two days (−52 ◦C, 0.1 mbar)
for work organization reasons; however, alternative tests showed that shorter operating
time (i.e., overnight, ≈15 h) is sufficient for achieving the freeze-drying. Scheme A1 reports
the structure and the principle of A*PEI synthesis.
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Scheme A1. Synthesis and structure of A*PEI.

Appendix C.2. Functionalization of A*PEI (Synthesis of SA*PEI)

The one-pot sulfonation of A*PEI was processed in a closed reactor (adapted for
processing redox reactions). Four g of dry A*PEI beads were dispersed into demineralized
water (20 mL) in the reactor. Potassium persulfate (0.2 g) and sodium metasulfite (0.1 g)
were added (and dissolved in the aqueous suspension). The sulfonating agents (i.e.,
2-propene-1-sulfonic acid (1.0 g) and hydroxylamine-O-sulfonic acid (0.8 g)) were first
dissolved in water (10 mL), before adding dropwise into the reactor. The suspension was
refluxed (at 90 ◦C) for 9 h. The beads were filtered off, washed with water, and acetone
before being dried at 50 ◦C for 12 h. Persulfate and bisulfide redox initiators orientate
the bonding of C=C with >NH and –NH2 groups [121]. The synthesis is summarized in
Scheme A2.
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Abstract: The main objectives of this study are to synthesize a new solid-supported ionic liq-
uid (SSIL) that has a covalent bond between the solid support, i.e., activated silica gel, with
thiosalicylate-based ionic liquid and to evaluate the performance of this new SSIL as an extrac-
tant, labelled as Si-TS-SSIL, and to remove Pb(II) ions from an aqueous solution. In this study,
1-methyl-3-(3-trimethoxysilylpropyl) imidazolium thiosalicylate ([MTMSPI][TS]) ionic liquid was
synthesized and the formation of [MTMSPI][TS] was confirmed through structural analysis using
NMR, FTIR, IC, TGA, and Karl Fischer Titration. The [MTMSPI][TS] ionic liquid was then chemically
immobilized on activated silica gel to produce a new thiosalicylate-based solid-supported ionic liquid
(Si-TS-SSIL). The formation of these covalent bonds on Si-TS-SSIL was confirmed by solid-state NMR
analysis. Meanwhile, BET analysis was performed to study the surface area of the activated silica gel
and the prepared Si-TS-SSIL (before and after washing with solvent) with the purpose to show that all
physically immobilized [MTMSPI][TS] has been washed off from Si-TS-SSIL, leaving only chemically
immobilized [MTMSPI][TS] on Si-TS-SSIL before proceeding with removal study. The removal study
of Pb(II) ions from an aqueous solution was carried out using Si-TS-SSIL as an extractant, whereby
the amount of Pb(II) ions removed was determined by AAS. In this removal study, the experiments
were carried out at a fixed agitation speed (400 rpm) and fixed amount of Si-TS-SSIL (0.25 g), with
different contact times ranging from 2 to 250 min at room temperature. The maximum removal
capacity was found to be 8.37 mg/g. The kinetics study was well fitted with the pseudo-second order
model. Meanwhile, for the isotherm study, the removal process of Pb(II) ions was well described by
the Freundlich isotherm model, as this model exhibited a higher correlation coefficient (R2), i.e., 0.99,
as compared to the Langmuir isotherm model.

Keywords: ionic liquids; solid-supported ionic liquids; thiosalicylate; Pb(II) removal

1. Introduction

Fast evolution in industrial enterprise and poor wastewater treatment has led to the
discharge of a tremendous amount of waste, which contains hazardous chemicals and
expels pollutants into the environment. Thus, it is critically important to remove or reduce
the amounts of heavy metals in wastewater to an allowable safe limit before discharging
them into the natural environment [1]. One of the common hazardous metal ions present in
wastewater, such as in the petroleum industry, is the Pb(II) ion. According to Akpoveta et al.,
in the petroleum industry, Pb(II) ions are found because of the chemicals used during the
refining process, metals absorption coming from pipelines, and vessels and tanks, together
with the natural metals, existing in sandstone during the crude extraction process [2]. Pb(II)
ions can be absorbed and accumulated in the human body and cause serious health effects
such as cancer, causing damage to the kidneys, liver, heart, brain, bones, and neurological
system in humans through inhaling and swallowing polluted food and water [3]. They
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represent serious threats to the human population and the fauna and flora of the receiving
water bodies, as the low amounts of this heavy metal are highly toxic. Hence, it is very
crucial to remove Pb(II) ions from wastewater and the environment.

Several commercial methods are being used in wastewater treatment to remove metal
ions, namely, reverse osmosis, ion exchange, chemical precipitation, irradiation, biosorption,
and extraction [4]. Reverse osmosis can remove many types of molecules and ions from
solutions, including bacteria, and is used in both industrial processes. Reverse osmosis
involves a diffusive mechanism, so the separation efficiency is dependent on a solute
concentration, pressure, and water flux rate [5]. Ion exchange can attract soluble ions
from the liquid phase to the solid phase, which is the most widely used method in the
water treatment industry. As a cost-effective method, the ion exchange process normally
involves low-cost materials and convenient operations. However, it is very sensitive to the
pH of an aqueous solution and can be used only at low concentrated metal solutions [6].
Chemical precipitation is widely used because of its simple operation [7]. However, it
requires a large amount of chemicals to reduce metals to an acceptable level for discharge.
Other drawbacks are huge sludge production, slow metal precipitation, poor settling, the
aggregation of metal precipitates, and the long-term environmental impacts of sludge
disposal. Another method that has gained attention during recent years for heavy metal
removal is the usage of plant biomass as the extractant through the biosorption process,
owing to its good performance and being a low-cost material [8]. Although biological
methods are inexpensive, environmentally friendly techniques, they need large areas and
proper maintenance and operation [5].

Liquid–liquid extraction or solvent extraction is one of the frequently used methods in
several industries such as electronic and battery industries to remove metal ions from their
wastewater. Liquid–liquid extraction may be an excellent option for wastewater treatment
as it offers several advantages such as high extractability and high selectivity for liquid
separation [9]. However, there are a few drawbacks to liquid–liquid extraction, such as
emulsion formation, the usage of huge volatile organic solvents that are carcinogenic and
non-biodegradable and, hence, the formation of large amounts of pollutants, making it
costly, time-consuming, and ecologically unfriendly [10]. The problems associated with
the usage of volatile organic solvents in liquid–liquid extraction have motivated many
researchers to find alternative metal extractants that would be efficient, cost effective, and
environmentally friendly. One of the alternatives that is being extensively studied by
researchers to replace organic solvents as metal extractants in liquid–liquid extraction is
ionic liquids (ILs) [11].

Ionic liquid mainly consists of an organic cation with an organic or inorganic anion,
which is a liquid organic salt that is bulky in chemical structure [12]. ILs are salts and
generally exist in liquid form at temperatures below 100 ◦C. The physical and chemical
properties of ILs can be altered as desired by modifying the cation and anion combina-
tions [13]. Because of their excellent tunability, ILs have great potential to form different
combinations in the designing of task-specific fluids. This feature would give access to
more applications of ILs, such as replacing common volatile organic solvents with ILs in the
liquid–liquid extraction method, which allows for the development of more effective sepa-
ration processes. The substitution of volatile organic solvents with ILs also prevents organic
solvent losses by evaporation; hence, resulting in material loss and reducing environmental
impact [14]. Furthermore, ILs have unique properties which make them different from
ordinary salts, such as being non-volatile, non-flammable solvents that have a negligible
vapor pressure [15].

Aside from the fact that ILs are considered as greener solvents as compared to volatile
organic solvents, they also have limitations such as being expensive, having high viscosity,
high cost separation, and being faced with the difficulty to maintain extracted analytes in
their phase (mass transfer problem) [16]. To cope with these problems, a method based on
immobilization or impregnation of ionic liquid on a solid support as a solid phase extractor,
known as a solid-supported ionic liquid (SSIL), is being studied extensively by many
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researchers [17–19]. This immobilization method producing SSIL creates a thin layer of
ionic liquid on a solid support which in turn decreases the amount of ionic liquid required
to extract metal ions compared to using ionic liquid in liquid–liquid extraction [20].

The removal studies have shown that SSIL performed better in removing metal ions
from aqueous solution as compared to well-known solid acids such as silica, alumina, and
zeolites. This is caused by the high surface area for contact between the ionic liquid (contain
functional group(s) having high affinity towards metal ions) immobilized on a solid support
in SSIL with the targeted metal ions. In addition to offering different functional groups in
ionic liquid immobilized on its solid support, the acidity of SSIL can be tunable depending
on the choice of solid support [21]. In fact, SSIL is easy to apply for a large scale of operation.
Moreover, SSIL can be successfully employed in both batch and flow processes [20].

In this piece of work, an attempt was made to chemically immobilize 1-methyl-3-(3-
trimethoxysilylpropyl) imidazolium thiosalicylate ([MTMSPI][TS]) ionic liquid on activated
silica gel to produce a new solid-supported ionic liquid known as thiosalicylate-based
solid-supported ionic liquid (Si-TS-SSIL). The [MTMSPI][TS] ionic liquid containing the
thiosalicylate functional group was chosen to be chemically immobilized on activated silica
gel in SSIL (as an extraction agent for Pb(II) ions from aqueous solution) because of the
high affinity of thiosalicylate towards metal ions [21]. Meanwhile, Pb(II) ions have been
selected as this metal ion is commonly found in industrial wastewater [11]. The kinetics
studies for the removal of Pb(II) ions was carried out at different contact times (2–250 min).
As for the adsorption isotherms, this study was conducted to elaborate the insight of the
adsorption process with different initial Pb(II) concentrations ranging from 10–200 ppm.
For the first time, the newly synthesized Si-TS-SSIL extractant in the removal of Pb(II)
ions in an aqueous solution and wastewater were performed. It is an advanced creation
that could potentially provide both low-cost and efficiency compared to the sole usage of
ILs as metal extractants. Therefore, this current study has great potential to contribute to
wastewater and environmental cleanliness. In addition, this adsorption method is easy to
apply and has a short test period.

2. Results and Discussions
2.1. Characterization

The 1H-NMR spectra of the synthesized [MTMSPI][TS] ionic liquid is depicted in
Figure 1. As shown by Figure 1, chemical shifts between 6.8 to 7.6 ppm could clearly
be assigned to aromatic hydrogen atoms of the thiosalicylate anion [22]. The 1H-NMR
of thiosalicylate anion in [MTMSPI][TS] is summarized as: δ 6.89 (2H, CH), δ 7.13 (1H,
CH), δ 7.6 (1H, CH). Meanwhile, the 1H-NMR of 1-methyl-3-(3-trimethoxysilylpropyl)
imidazolium cation in [MTMSPI][TS] is summarized as: δ 0.55 (2H, CH2), δ 1.91 (2H, CH2),
δ 3.66 (9H, CH3), δ 3.94 (3H, CH3), δ 4.27 (2H, CH2), δ 7.84 (2H, CH), δ 9.78 (1H, CH). The
chemical shift for the NMR solvent, i.e., dimethyl sulfoxide (DMSO), is 2.5 ppm.

The FTIR spectra of the synthesized [MTMSPI][TS] ionic liquid was recorded by
Thermo Scientific spectrometer using the attenuated total reflectance (ATR) method and is
shown in Figure 2. In activated silica gel, the silanol group was observed by the presence
of broad -OH stretch at 3425 cm−1. The siloxane group (Si-O-Si) asymmetric stretching
was appeared at 1081 cm−1 and the corresponding symmetric stretching was observed at
793 cm−1 [23].

In the [MTMSPI][TS] ionic liquid, the absorption band at 2942 cm−1 was indicated to
the stretching mode of -CH2 groups, which were related to trimethoxysilylpropyl. Si-O-Si
tensile vibration was observed at 1034 cm−1 [24]. Another absorption band appeared at
1571 cm−1 because of C-N stretching [25]. Additionally, a weak peak detected around
2232 cm−1 belongs to the S-H group of the aromatic compound in thiosalicylate ion of
[MTMSPI][TS] [26].
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For Si-TS-SSIL, which contains the combination of activated silica gel and [MTMSPI][TS]
ionic liquid, stretching vibrations of the Si-O-Si groups were observed at 1030 cm−1 [23].
The peaks observed in the range of 1550–1650 cm−1 were related to the C-N stretching of
the imidazolium ring. Meanwhile, the O-H vibration observed in the silica gel particle
will be decreased when it is modified with ionic liquid. It can be seen in the figure below
where the lack of peak in the range of 3300–3500 cm−1 is significant. This indicates that the
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imidazolium cation is in interaction with the activated silica gel [27]. The presence of the
expectable functional groups in the prepared materials at the respective position on the
FTIR spectrum indicates the successful anchorage of the organic ligands and alkyl silanes
onto the silica framework.

Meanwhile, the moisture content of the [MTMSPI][TS] ionic liquid was below 10.00 ppm.
Since sodium chloride (NaCl) dissolved in the solvent is the by-product for synthesizing
[MTMSPI][TS], the chloride content was determined as part of the purity study. As shown
in Table 1, the chloride content in [MTMSPI][TS] was found to be 9.08 ppm. With regards
to chloride content, the purity of synthesized [MTMSPI][TS] was calculated to be 99.91%.

Table 1. Chloride content and the purity of the newly synthesized [MTMSPI][TS] ionic liquid.

Chloride Content (ppm) Concentration (%) Purity (%)

9.08 0.0908 99.91

The thermogravimetric analysis of the synthesized [MTMSPI][TS] was studied in the
range of 100 ◦C to 700 ◦C to observe its thermal stability. As shown in Figure 3, three
characteristic decomposition stages were observed. The first TGA curve shows a mass loss
of about 9.09% up to 196 ◦C because of the removal of adsorbed water molecules [28]. The
second weight loss occurred from 224 ◦C to 401 ◦C, which was assigned to the degradation
of thiol group [29]. Further weight loss (8.19%) that was noticed from 417 ◦C to 532 ◦C could
be associated with the degradation of the remaining organic molecules [30]. From the TGA
analysis, the newly synthesized [MTMSPI][TS] ionic liquid exhibited high thermal stability.
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The newly synthesized solid-supported ionic liquid with a thiol functional group,
Si-TS-SSIL, was analyzed using solid-state NMR with the purpose to confirm the formation
of covalent bonds (Si-O bonds) between [MTMSPI][TS] and activated silica gel in Si-
TS-SSIL, i.e., the covalent between the cation of [MTMPSI][TS] and the silanol group
(Si-OH) on activated silica gel. The Si-OH group dominates the surface properties of
activated silica gel, and this group corresponds to the cation of [MTMSPI][TS], 1-methyl-
3-(3-trimethoxysilylpropyl) imidazolium, to perform chemical immobilization. In the
solid-state NMR analysis, the solid-state of silica cross-polarization magic angle spinning
(29Si CP-MAS) NMR spectroscopy was utilized to show that [MTMSPI][TS] was covalently
bonded to activated silica gel in Si-TS-SSIL. As shown in Figure 4a, the 29Si MAS NMR
spectrum of pure activated silica gel revealed the presence of three signals with resolved
peaks at −91, −100, and −109 ppm. These peaks are assigned to silicon atoms in the
silanediol groups (Q2), silanol groups (Q3) and silicon-oxygen tetrahedra (Q4) of the SiO2,
respectively [31]. After chemical modification of activated silica gel surface with the
[MTMSPI][TS] ionic liquid producing Si-TS-SSIL, an increase in the intensity growth was
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observed for signal Q4 followed by a significant reduction in the signal Q2 and Q3 [32].
Additionally, the appearance of new peaks was found, which appeared at −57 and −66 ppm
of the T2 and T3 units as shown in Figure 4b. Both peaks are attributed to the silanisation
of the silica particles surface, which produced the covalent bonds of Si-O, thus, confirmed
that [MTMSPI][TS] covalently bonded to the activate silica gel surface in Si-TS-SSIL [33].
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[MTMSPI][TS] ionic liquid).

The surface area, pore volume, and pore diameter of activated silica gel and Si-TS-SSIL
(before and after washing with dichloromethane (solvent)) were determined using BET.
Based on Table 2, the activated silica gel and Si-TS-SSIL could be classified into the category
of mesoporous as their pore size is in the range of 2–10 nm [34]. The surface area, pore
volume and pore diameter of Si-TS-SSIL, for both samples of before and after washing
with dichloromethane, were reduced as compared to activated silica gel. These results
could be explained by the fact that the immobilization, either physically or chemically, of
[MTMSPI][TS] on activated silica gel would reduce the surface area, pore volume, and pore
diameter of Si-TS-SSIL. After washing with dichloromethane, as expected, the surface area,
pore volume, and pore diameter of Si-TS-SSIL were increased compared to the one before
washing with dichloromethane. These achieved results might be caused by the removal of
[MTMSPI][TS], which was physically immobilized on the activated silica gel in Si-TS-SSIL
by dichloromethane, which in turn left only chemically immobilized [MTMSPI][TS]. In this
study, it is important to remove physically immobilized [MTMSPI][TS] on activated silica
gel in Si-TS-SSIL to prevent the leaching of [MTMSPI][TS] during the removal study.

Table 2. The results of BET analyses for activated silica gel and Si-TS-SSIL (before and after washing
with dichloromethane).

Sample BET Surface Area
(m2/g)

Pore
Volume (cm3/g)

Pore
Diameter (nm)

Activated silica gel 275.8132 0.7021 11.5176
Si-TS-SSIL (before washing

with dichloromethane) 225.6244 0.5758 9.9599

Si-TS-SSIL (after washing
with dichloromethane) 232.6600 0.5793 10.2075
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2.2. Adsorption Studies
2.2.1. Effect of [MTMSPI][TS]: Activated Silica gel Mass Ratio in Si-TS-SSIL on the
Removal Efficiency

In this piece of work, an attempt was first made to analyze the performance of three
control samples of extractant ([MTMSPI][TS], activated silica gel, and Si-TS-SSIL) to remove
Pb(II) ions from the aqueous solution with the following constant parameters: initial Pb(II)
ions concentration, with mixing time and extractant dosage being 200 mg L−1, 30 min, and
0.25 g, respectively. The results obtained are shown in Table 3. As expected, Si-TS-SSIL
exhibited better removal efficiency compared to activated silica gel, but lower performance
compared to [MTMSPI][TS]. With this confirmation on the results of removal efficiency by
Si-TS-SSIL, the removal study proceeded using four samples of Si-TS-SSIL as an extractant.

Table 3. Removal capacity of activated silica gel, [MTMSPI][TS], and Si-TS-SSIL control samples.

Extractant Removal Capacity (mg/g)

Activated silica gel 1.370
[MTMSPI][TS] 5.801

Si-TS-SSIL 5.285

Four samples of Si-TS-SSIL that have a different mass ratio of [MTMSPI][TS] and
activated silica gel, i.e., [MTMSPI][TS](in g):activated silica gel (in g), were analyzed on
the perspective of removal efficiency. The purpose of this analysis is to study the dosage
effect of [MTMSPI][TS] in Si-TS-SSIL in removing Pb(II) ions from the aqueous solution.
Figure 5 depicts the relationship between the Si-TS-SSIL’s removal capacity and the [MTM-
SPI][TS]:activated silica gel mass ratio in Si-TS-SSIL to remove Pb(II) ions from the aqueous
solution. From this figure, it can be seen that the increasing amount of [MTMSPI][TS]
resulted in an increase of removal efficiency until the system reached equilibrium, when the
[MTMSPI][TS]:activated silica gel mass ratio was 0.2:1, whereby there was no significant
difference in removal efficiency beyond the mass ratio of 0.2:1. Thus, further experiments
of removal study were conducted based on 0.2:1 ([MTMSPI][TS]:activated silica gel) mass
ratio as it was the optimum mass ratio for the removal process of Pb(II) ions from an
aqueous solution using Si-TS-SSIL as an extractant.
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Figure 5. The effect of different [MTMSPI][TS]:activated silica gel mass ratios on the removal process
of Pb(II) ions onto Si-TS-SSIL.

2.2.2. Effect of Contact Time

In the batch removal process, contact time is one of the most important factors as it
defines the time required for the extractant to reach a dynamic equilibrium stage. Tempera-
ture (25 ◦C), Si-TS-SSIL dosage (0.25 g), initial concentration Pb(II) ions (200 mg L−1), and
agitation speed (400 rpm) were all held constant at this step, except for the contact time.
Figure 6 depicts the effect of contact time on Pb(II) ions removal efficiency using an [MTM-
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SPI][TS]:activated silica gel mass ratio of 0.2:1 in Si-TS-SSIL. As can be seen in Figure 6,
the removal rate grew rapidly at first and was followed by a subsequent slow uptake. The
optimum removal efficiency of Pb(II) ions was established in approximately 120 min. These
results of the removal process could be explained, wherein when the number of accessible
sites (functional group, i.e., thiol group, and number of pores) is substantially greater than
the number of metal species to be removed, the removal process appears to proceed rapidly.
As the contact time increased, the amount of Pb(II) ions removed also increased up to a
certain contact time, whereby the removal phase was reached at a steady state. Thus, in
this removal study, the optimum contact time was decided at 120 min for the removal of
Pb(II) metal ions from the aqueous solution with 87% removal efficiency.
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Figure 6. Effect of contact time on Pb(II) ions removal efficiency using Si-TS-SSIL.

2.2.3. Effect of pH

The pH of the aqueous solution from which Pb(II) ions were removed significantly
affected the extraction process because of the active sites and charge distribution on the
Si-TS-SSIL surface, solubility, ionization, and speciation of Pb(II) ions in the solution. In
this study, the effect of pH on Pb(II) metal removal in an aqueous solution was investigated
between pH 3 to 9 using an Si-TS-SSIL extractant. The removal efficiency of the Si-TS-SSIL
extractant increased with an increase in the pH with highest removal efficiency observed at
pH 6, as shown in Figure 7. Above this value, the amount of Pb(II) metal ions removed
decreased due to possible precipitation of Pb(II) hydroxide. In an acidic condition, the
removal efficiency is low, which could be caused by the presence of protonated functional
groups containing lone pairs [35].
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Figure 7. Effect of pH on the removal of Pb(II) ions from aqueous solution using Si-TS-SSIL.
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2.3. Adsorption Kinetics

One of the essential characteristics that determines the extraction efficiency is the
kinetic of the removal process, which describes the rate of removal of Pb(II) ions. The
results of the kinetic analysis were used to establish the optimum mechanism for Pb(II)
ions removal. Table 4 provides the summary of all the relative values and the statistical
analysis for all models, with the most significant values highlighted. Pseudo-first order
and pseudo-second order were applied in this kinetic study to understand the dynamics
extraction of Pb(II) ions onto an Si-TS-SSIL extractant. The linearized forms of pseudo-first
order and pseudo-second order kinetic models are presented in the Equations (1) and (2),
respectively [36].

log(qe − qt) = log qe −
(

k1

2.303

)
t (1)

t
qt

=
1

k2 qe 2 +

(
1

qe

)
t (2)

where qt and qe are the amount of the Pb(II) ions removed (mg g−1) at any time and the
amount of Pb(II) ions removed (mg g−1) at equilibrium, respectively. The pseudo-first order
rate constant (min−1) is represented as k1 whereas the rate constant for pseudo-second
order (g mg−1 min−1) is k2. The rate constant and removal capacities for both models were
calculated from the slope and intercept of the graphs (Figures 8 and 9).
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Table 4. Kinetics model for the removal of Pb(II) ions by the Si-TS-SSIL extractant.

Extractant Pseudo-First Order Pseudo-Second Order

Si-TS-SSIL
qe exp

(mg/g)
qe cal

(mg/g) R2 qe exp
(mg/g)

qe cal
(mg/g) R2

8.3970 5.5182 0.8705 8.3970 8.9718 0.9942

To identify the best fit of kinetic models for the removal of Pb(II) ions, the values of the
correlation coefficient (R2) of the linear plots and the calculated removal capacities (qe calc)
against the experimental removal capacities (qe exp) were compared between the pseudo-
first and second order kinetic models. From this comparison, the value of R2 for pseudo-
second order reaction (0.9942) was higher compared to the pseudo-first order (0.8705).
Moreover, the calculated removal capacities (qe calc) for the pseudo-second order, which
is 8.9718 mg g−1, was found to be very close to the experimental values (8.397 mg g−1).
Meanwhile, the qe calc for pseudo-first order was 5.5182 mg g−1, which was significantly
different from the experimental removal capacity. Thus, this study suggested that that the
pseudo-second order reaction better represents the uptake of Pb(II) ions onto an Si-TS-SSIL
extractant from an aqueous solution. These results also show that the removal process was
controlled by the chemisorption process [22].

2.4. Adsorption Isotherm

The experimental data of isotherms study has been described using a variety of adsorp-
tion models. The most used models are the Langmuir and Freundlich models. Both models
were employed in this study to analyse the best equilibrium interaction. The Langmuir
isotherm theory assumes that a monolayer adsorbate is formed on a homogeneous adsor-
bent surface. The Langmuir isotherm predicts monolayer adsorption on a homogenous
surface with a limited amount of adsorption sites, with no intermolecular interactions
occurring between the adsorbed molecules [37]. The Langmuir isotherm equation relates
the amount of adsorbate adsorbed on the adsorbent to the equilibrium concentration, which
is shown as follows in Equation (3):

Ce

qe
=

Ce

qm
+

(
1

KL · qm

)
(3)

where qe is the amount of Pb(II) ions removed by the Si-TS-SSIL extractant, KL and qm are
the Langmuir constants, representing the energy constant (L mg−1) and the maximum
removal capacity (mg g−1), respectively. From the graph in Figure 11, it was found that the
correlation coefficient, R2 of the Langmuir isotherm, was 0.9102. The Langmuir equation
can also be used to determine a dimensionless equilibrium parameter called the separation
factor, RL which is mathematically defined in Equation (4).

RL =
1

(1 + KL · Co)
(4)

where KL and Co are Langmuir constant (L mg−1) and initial concentration of Pb(II) ions
(mg L−1), respectively. The linear removal process is represented by RL = 1, whereas the
irreversible removal process is represented by RL = 0. Favourable removal is represented
by 0 < RL< 1, whereas unfavorable removal is represented by RL > 1 [38]. In this case, the
RL value was calculated and was found to be 0.3808. This result indicated that the removal
of Pb(II) ions onto the Si-TS-SSIL extractant is a favourable removal process.

The Freundlich equation is expressed by Equation (5).

lnqe =
1
n

(
ln
Ce

)
+ lnKF (5)
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where qe is the Pb(II) ions uptake capacity (mg g−1), Ce is the residual concentration of Pb(II)
ions at equilibrium (mg L−1), and n and KF are the Freundlich constants, representing the
removal intensity and removal capacity (mg g−1), respectively. A greater n value (n > 1) sug-
gests better removal performance, whereas n < 1 indicates poor removal performance [25].
In this study, as shown in Table 5, the value of n indicates a favourable removal process.
The most prevalent condition is n > 1, which can be caused by a distribution of surface
sites or any other circumstance that causes a decrease in adsorbent–adsorbate interaction
as surface density rises. From Figures 10 and 11, the isotherm data fitted well with the
Freundlich model with correlation coefficient (R2) of 0.9961 compared to the Langmuir
isotherm model.

Table 5. Parameters of Langmuir and Freundlich isotherms for the removal of Pb(II) ions by Si-TS-
SSIL extractant.

Extractant Langmuir Isotherm Freundlich Isotherm

Si-TS-SSIL
KL (L/mg) qm (mg/g) R2 KF (mg/g) n R2

0.1626 9.3729 0.9102 0.8592 1.8149 0.9961
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2.5. Adsorption Mechanism

For the adsorption mechanism using Si-TS-SSIL, the electron donors coming from
the hydroxyl group, and the oxygen and sulphur of the thiosalicylate functional group in
Si-TS-SSIL could be responsible for the chemisorption of Pb(II) ions. In addition to this,
the organic and inorganic constituents’ presence in the Si-TS-SSIL extractant offered more
active sites to bind with Pb(II) ions in the aqueous solution [39]. Additionally, Pb(II) ions
would have been trapped in the pores of Si-TS-SSIL, which could contribute to the removal
efficiency. Therefore, greater removal efficiency of Pb(II) ions by Si-TS-SSIL could be caused
by the thiol functional group existing on Si-TS-SSIL extractant surface for binding.

2.6. Adsorption from Wastewater

The adsorption performance of the Si-TS-SSIL extractant was evaluated by the experi-
ments carried out using crude oil effluent containing 10 mg L−1 of Pb(II) ions. In this test,
0.25 g of Si-TS-SSIL extractant was dispersed into 12 mL of the wastewater samples, and
the mixture was shaken for 120 min. It was found from the obtained results that Pb(II)
was removed by 99%. Table 6 below shows the comparison of the removal efficiency of
Pb(II) ions using Si-TS-SSIL from an aqueous solution and wastewater. From these results,
Si-TS-SSIL can potentially be used as a metal extractant for the treatment of wastewater
containing Pb(II) ions.

Table 6. Comparison of removal efficiency for Pb(II) removal using Si-TS-SSIL extractant from
aqueous solution and wastewater containing 10 mg L−1 of Pb(II) ions.

Extractant Source Removal Efficiency (%)

Si-TS-SSIL
Aqueous solution 99.33

Wastewater 80.6

3. Materials and Methods
3.1. Chemicals

Silica gel, sodium hydroxide pellets (98% purity), hydrochloric acid fuming 37%,
diethyl ether, methanol, toluene, dichloromethane, and acetonitrile were acquired from
Merck, NJ, USA. Meanwhile, 1-methylimidazole, 3-chloropropyltrimethoxysilane (CPTMS),
thiosalicylic acid (97% purity), and Pb(II) nitrate salt (99.99% purity) were purchased from
Sigma-Aldrich, St. Louis, MO, USA.

3.2. Instrumentation

A nuclear magnetic resonance (NMR) instrument (Model 1200 Series Avance III,
Bruker, Billerica, MA, USA) was used to obtain the 1H-NMR spectra of newly synthe-
sized [MTMSPI][TS] ionic liquid, and to perform solid-state NMR analysis to confirm the
formation of the covalent bond formed between [MTMSPI][TS] and activated silica gel
in a new thiosalicylate-based solid-supported ionic liquid (Si-TS-SSIL). The functional
groups of the [MTMSPI][TS] ionic liquid were determined using Fourier-transform in-
frared spectrophotometer (FTIR) instrument (Model Frontier, Thermo Fisher Scientific,
Waltham, MA, USA). A Karl Fischer titrator (Model KF V30, Mettler Toledo, Columbus,
OH, USA) was used to analyze the water content in the [MTMSPI][TS] ionic liquid. A
thermal analyzer (Model STA 6000, Perkin Elmer, Waltham, MA, USA) was used to record
the thermal stability whereas the halide content in [MTMSPI][TS] ionic liquid was analyzed
using an ion chromatography (IC) instrument (Model Compact 930, Metrohm, Herisau,
Switzerland). The surface area of Si-TS-SSIL was measured using a Brunauer-Emmett-Teller
(BET) instrument (Tristar 3020, Micrometritics, Norcross, GA, USA). The concentration of
Pb(II) ions in an aqueous solution was determined by an atomic absorption spectrometer
(AAS) from Agilent (Model 240 FS, Agilent Technologies, Santa Clara, CA, USA).
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3.3. Procedures
3.3.1. Synthesis of [MTMSPI][TS] Ionic Liquid

1-methyl-3-(3-trimethoxysilylpropyl) imidazolium thiosalicylate ([MTMSPI][TS]) ionic
liquid was synthesized in two steps. The first step is the synthesis of the reagent required to
produce [MTMSPI][TS], i.e., the 1-methyl-3-(3-trimethoxysilylpropyl) imidazolium chloride
([MTMSPI][Cl]) ionic liquid. A-4.13 g (25 mmol) of 1-methylimidazole was added to a
stirred solution of 3-chloropropyltrimethoxysilane (25 mmol) to form [MTMSPI][Cl] ionic
liquid. This mixture was refluxed under 80 ◦C and stirred at 400 rpm for 72 h in the silicone
oil bath. The product, i.e., [MTMSPI][Cl], was decanted with diethyl ether three times to
remove impurities and unreacted starting materials [40] and the remaining solvent was
extracted by using a rotary evaporator.

Thereafter, in the second step, sodium thiosalicylate (25 mmol) was added to the
obtained [MTMSPI][Cl] and stirred for 48 h at room temperature to complete the anion
exchange process to obtain the new [MTMSPI][TS] ionic liquid with the by-product of NaCl.
The by-product salt, NaCl, was filtered after the addition of acetonitrile and the solvent
was then removed by rotary evaporator. The [MTMSPI][TS] ionic liquid that was obtained
was found to be a clear and viscous yellow liquid and this newly synthesized ionic liquid
was dried under high vacuum. The synthesis route for the formation of [MTMSPI][TS]
ionic liquid is shown in Figure 12. The newly synthesized [MTMSPI][TS] ionic liquid was
analyzed for structural analysis using NMR and FTIR. The purity of this newly synthesized
ionic liquid was also analyzed in terms of halide content and moisture content using IC
and the Karl Fischer titrator, respectively. Meanwhile, the thermal analysis including the
decomposition temperature of [MTMSPI][TS] was studied using TGA.
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3.3.2. Preparation of Solid-Supported Ionic Liquid Containing the Thiosalicylate
Functional Group (Si-TS-SSIL)

Si-TS-SSIL was prepared through covalently immobilized [MTMSPI][TS] onto acti-
vated silica gel. This preparation involved two steps. The first step was to activate the
silica gel through acid activation to obtain activated silica gel surfaces, which is to activate
surface silanol groups. These silanol groups would make covalent bonds with the cation of
[MTMSPI][TS] to form a new solid-supported ionic liquid solid (Si-TS-SSIL). In this step,
activated silica gel (10 g) was immersed in 100 mL of 6 M HCl. The mixture was then
refluxed and stirred for 8 h. The suspension was filtered and washed several times with
distilled water and ethanol to remove any HCl residue. It was then dried in a vacuum oven
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for about five hours at the temperature of 70 ◦C to remove any excess moisture to obtain
the activated silica gel.

In the second step, 1 g of the synthesized [MTMSPI][TS] was dissolved in methanol
(20 mL) and toluene (20 mL), followed with the addition of 6 g of activated silica gel. This
mixture was left stirred and refluxed at 100 ◦C for 48 h and Si-TS-SSIL was vacuum-filtered
and washed with dichloromethane to ensure the complete elimination of solvent. Si-TS-
SSIL was then dried in a vacuum oven at 120 ◦C overnight. The synthesis route to prepare
Si-TS-SSIL is shown in Figure 13.
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Based on the second step, an attempt was also made to prepare Si-TS-SSIL with a differ-
ent mass ratio of [MTMSPI][TS] and activated silica gel, i.e., [MTMSPI][TS](in g):activated
silica gel (in g). The purpose of this attempt is to study the effect of different amounts of
[MTMSPI][TS] covalently bonded onto activated silica gel in Si-TS-SSIL on the removal
efficiency of Pb(II) ions from an aqueous solution. The mass ratios of ([MTMSPI][TS](in g):
activated silica gel (in g)) studied were 0.1:1, 0.12:1, 0.2:1, and 0.5:1.

3.3.3. Removal Study

An attempt was first made to compare the removal efficiency between three extractant,
i.e., [MTMSPI][TS] ionic liquid, activated silica gel, and Si-TS-SSIL, to remove Pb(II) ions
from an aqueous solution. In this removal study, 200 mg L−1 of aqueous Pb(II) ions solution
was first prepared by mixing the appropriate amount of Pb(II) nitrate salt in distilled water.
The removal experiments were conducted by mixing 0.25 g of [MTMSPI][TS] with 12 mL
of 200 mg L−1 aqueous Pb(II) ions solution in propylene bottles. The propylene bottles
were shaken in the orbital shaker with a constant agitation speed (400 rpm) for 30 min at
room temperature. The mixture was then separated through centrifugation at 4000 rpm for
15 min to obtain a clear aqueous solution. This clear aqueous solution was analyzed for
concentration of Pb(II) ions using AAS. The same experimental procedures were applied
to study the performance of activated silica and Si-TS-SSIL to remove Pb(II) ions from the
aqueous solution.

pH studies were carried out at various pH values ranging from 2 to 9. 0.25 g of the
Si-TS-SSIL extractant, which was mixed with 12 mL of 200 mg L−1 aqueous Pb(II) ions
solution in propylene bottles. The mixture was shaken at 400 rpm at room temperature.
The final concentration of Pb(II) ions was analyzed using AAS and the removal efficiency
was then calculated.

Based on the results of the effect of the [MTMSPI][TS] dosage in Si-TS-SSIL pH on the
removal efficiency, the experiments for the removal of Pb(II) ions from the aqueous solution
were proceeded further using Si-TS-SSIL (mass ratio of [MTMSPI][TS](in g):activated silica
gel (in g) = 0.2:1) at pH 6 with the same initial concentration of aqueous Pb(II) ions solution
(200 mg L−1), but with different contact times ranging from 2 min to 250 min to determine
the equilibrium time for the purpose of adsorption isotherm study. The results of the
removal efficiency showed that the equilibrium time, teq, was 120 min. Thus, to obtain the
data for adsorption isotherm study, the experiments for the removal of Pb(II) ions from
the aqueous solution were carried out using different initial concentrations of aqueous
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Pb(II) ions solution, but with the contact time, i.e., 120 min, at room temperature. In this
adsorption isotherm study, different initial concentrations of aqueous Pb(II) ions solution
were 10, 30, 50, 100, 150, and 200 mg L−1.

In the experiments for the removal of Pb(II) ions from aqueous solution, the removal
efficiency and removal capacity of extractant were calculated using Equations (6) and (7),
respectively [41].

Removal efficiency (%) =
Co − Ce

Co
× 100 (6)

Removal capacity (qe) =
(Co − Ce)

m
× V (7)

where qe (removal capacity) represents the amount of Pb(II) ions removed at equilibrium
(mg g−1), and Co and Ce (mg L−1) are the initial and equilibrium concentrations of Pb(II)
ions in the aqueous solution, whereas V (L) and m (g) represent the volume of the aqueous
lead solution and mass of the extractant, respectively.

3.4. Adsorption Isotherm and Kinetics Models

The adsorption isotherms for Pb(II) ions were obtained via removal for 120 min, which
was sufficient to reach equilibrium. The effect of the initial concentration of Pb(II) ions
(10–200 mg L−1) was investigated. The adsorption isotherm and kinetics models were
used to determine the ideal fitting in this removal study. Adsorption isotherm models
such as Langmuir and Freundlich are used to evaluate and compare the removal capacities
of the extractants for the removal of Pb(II) ions in an aqueous solution, whereas for the
kinetics studies, the pseudo first and second order models were applied. All models
were used to process numerous experimental equilibrium data and to verify which model
represents the best fit for the obtained data. The parameters obtained from the Langmuir
and Freundlich models provide crucial information about the surface properties, the affinity
of the adsorbent, and the extraction mechanism [42].

4. Conclusions

In this work, the newly ionic liquid, [MTMSPI][TS], and the functionalized solid
supported ionic liquid, Si-TS-SSIL, were successfully synthesized. The formation of an
[MTMSPI][TS] ionic liquid has been confirmed with the results from the characterization
analyses such as NMR, FTIR, IC, moisture content, and TGA. Meanwhile, the formation of
a chemical bond between [MTMSPI][TS] and activated silica gel in the newly synthesized
Si-TS-SSIL, i.e., Si-O bond, was confirmed by solid-state NMR analysis. The results of solid-
state NMR analysis have shown that an attempt to chemically immobilize [MTMSPI][TS]
on activated silica gel to produce Si-TS-SSIL was successful.

The optimum removal efficiency of Pb(II) ions from the aqueous solution was achieved
at a contact time of 120 min with the highest removal efficiency of 87% using Si-TS-SSIL
that has an [MTMSPI][TS]:activated silica gel mass ratio of 0.2:1. The equilibrium data was
fitted with the Langmuir and Freundlich isotherm models whereby the best correlation was
obtained by the Freundlich model. The uptake of Pb(II) ions using the Si-TS-SSIL extractant
was well described by the kinetics study, which pointed towards the pseudo-second order
kinetic model, suggesting the removal process was controlled by the chemisorption process.

The novelty of this study is the synthesis of the [MTMSPI][TS] ionic liquid and the
chemical immobilization of the [MTMSPI][TS] ionic liquid onto the surface of a solid sup-
port, i.e., activated silica gel, producing Si-TS-SSIL extractant for the removal of Pb(II) ions
from an aqueous solution. This work is crucial to ensure that the newly synthesized ex-
tractant (Si-TS-SSIL) is effective in removing Pb(II) ions metal ions from aqueous solutions,
which would be applicable for other types of metal ions, as well as provide the precise
characterization of the newly synthesized [MTMSPI][TS] ionic liquid.
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Abstract: A wastewater treatment system has been established based on sulfate-reducing and
sulfide—oxidizing processes for treating organic wastewater containing high sulfate/sulfide. The
influence of COD/SO4

2− ratio and hydraulic retention time (HRT) on removal efficiencies of sulfate,
COD, sulfide and electricity generation was investigated. The continuous operation of the treatment
system was carried out for 63 days with the optimum COD/SO4

2− ratio and HRT. The result showed
that the COD and sulfate removal efficiencies were stable, reaching 94.8 ± 0.6 and 93.0 ± 1.3% during
the operation. A power density level of 18.0 ± 1.6 mW/m2 was obtained with a sulfide removal
efficiency of 93.0 ± 1.2%. However, the sulfide removal efficiency and power density decreased grad-
ually after 45 days. The results from scanning electron microscopy (SEM) with an energy dispersive
X-ray (EDX) show that sulfur accumulated on the anode, which could explain the decline in sulfide
oxidation and electricity generation. This study provides a promising treatment system to scale up
for its actual applications in this type of wastewater.

Keywords: electricity generation; sulfate-reducing bacteria (SRB); microbial fuel cell; sulfate reduction;
sulfide oxidization

1. Introduction

Organic carbon and sulfate are widespread environmental contaminants resulting
from human activities such as tanning processes, chemical manufacturing, landfills, food
processing, swine, and the petrochemical industry [1–3], Under anaerobic conditions,
sulfate-reducing bacteria (SRB) utilize organic compounds as carbon and energy and sulfate
as the terminal electron acceptor for sulfide production (H2S, HS−, S2−) and bicarbonate,
according to (Equation (1)) below [4–6]:

2 CH2O + SO4
2− → H2S + 2 HCO3

− (1)

Therefore, besides organic compounds and sulfate, sulfide is also ubiquitous in these
types of wastewater. The organic and sulfide/sulfate contaminated wastewater is a typical
corrosive, odorous pollutant and toxic to human health and living organisms, especially
in anoxic sulfate-rich environment. This wastewater is a hazardous substance that must
be removed from wastewater before discharge into the environment. Sulfide can cause
inhibition of the cytochrome oxidase enzyme system resulting in a lack of oxygen use
in the cells. Anaerobic metabolism causes the accumulation of lactic acid leading to an
acid-base imbalance. The nervous system and cardiac tissues are particularly vulnerable to
the disruption of oxidative metabolism and death is often the result of respiratory arrest.
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Hydrogen sulfide also irritates skin, eyes, mucous membranes, and the respiratory tract.
Pulmonary effects may not be apparent for up to 72 h after exposure [7–9].

Conventional methods for removing sulfate/sulfide from wastewater include chemical
oxidization by chloride (Cl−), potassium permanganate (KMnO4) and hydrogen peroxide
(H2O2), chemical removal by metal salts [9,10], increasing redox potential to control by
sulfide formation by air injection and biological oxidation by sulfide-oxidizing bacteria
(SOB) can be used to prevent the formation of sulfide [11]. Although these methods can
effectively remove sulfide, they share a common limitation of high energy and chemical
consumption, which would result in high operating costs and enormous sludge. Moreover,
these methods cannot remove organic carbon and sulfate/sulfide pollutants simultaneously.

In comparison with chemical methods, sulfide removal by sulfide-oxidizing bacteria
(SOB) has the advantages of cost-effectiveness and minimization of chemical sludge [12].
However, SOB is commonly autotrophic so inorganic electron acceptors such as nitrate
are needed for sulfide oxidizing. In wastewaters lacking nitrate, simultaneous removal
of sulfide is not achievable; while the addition of electron acceptor (nitrate) is not a cost-
effective and environmentally friendly option [13,14]. Therefore, it is necessary to seek
novel methods to simultaneously remove sulfate/sulfide and organic carbon compounds
from wastewater [15].

To solve the problems, microbial fuel cell (MFC), a novel method, which has been
considered a promising method in reducing operating costs, energy, and toxic by-products
compared with the traditional treatments is proposed in this study [16–18]. The use of
microbial fuel cells (MFCs) for the treatment of organic carbon wastewater containing
sulfate/sulfide attracts great attention nowadays due to the capability of bioelectricity
generation and simultaneous removal of sulfate/sulfide and organic compounds based on
the dissimilative microbial sulfate-reduction process [15]. Moreover, this technology would
generate much less sludge than a conventional activated sludge process [19,20].

In the sulfate-reduction process, sulfate-reducing bacteria were selected as catalysts
in wastewater treatment systems. The sulfide produced biologically based on the organic
carbon-oxidizing and sulfate-reducing processes by SRB plays a key role of electron media-
tor in MFCs, which transfers electrons to the anode electrode to produce electricity and the
additional amount of synthetic endogenous mediators, toxic and expensive compounds,
is not necessary. Then, the released protons in the anodic chamber migrate through a
proton—selective membrane into the cathode chamber [21,22]. In the last years, the number
of studies on the application of MFC has increased [23].

MFCs have also been employed for effective organic compounds removal with bio-
electricity recovery [24–28], while MFCs studies for sulfate/sulfide [2,29–32], especially
simultaneous organics removal which is often presented together with sulfate/sulfide in
wastewaters are still limited [33,34].

However, in previous studies, the anodic chamber of MFC was designed to oxidize or-
ganic compounds and convert sulfate to sulfide before sulfide oxidation occurs at the anode.
This MFC configuration supports the co-existence of sulfate-reducing and sulfide-oxidizing
processes in an anodic chamber. However, the main drawback of this configuration is
that the MFC trended to have a long hydraulic retention time with a small extent of mix-
ing, which could also have affected the sulfide oxidation and electricity generation of the
MFC [31,34]. Therefore, the integration of sulfate-reducing bioreactor and sulfide-oxidizing
fuel cell was designed for the improvement of the pollutant removal efficiency in this study.

The aim of this study was to (i) investigate the performance of a wastewater treatment
system in the treatment of organic wastewater containing high sulfate under continuous
operation and (ii) evaluate the influence of COD/SO4

2− ratios and hydraulic retention time
(HRTs) on the performance of the treatment system. The success of this study will help
minimize environmental pollution and human health protection.
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2. Results

2.1. Effect of Different Ratios of COD/SO4
2− on Removal Efficiencies of Sulfate and COD in SRRB

Operating factors could affect the performance of sulfate-reducing bioreactor (SRRB)
and sulfide-oxidizing fuel cell (SOFC) thus typical factors such as COD/SO4

2− ratio and
HRT were investigated. Nine different initial ratios of COD/SO4

2− (0.5, 1, 1.5, 2, 2.5, 3, 4, 5,
and 6) were conducted with sulfate concentration of 1300 mgL−1 and HRT fixed at 72 h in
SRBR. It was found that both sulfate and COD removals seemed negatively correlated with
the initial COD/SO4

2− ratio, due to its inhibition to SRB.

2.1.1. Effect of Different COD/SO4
2− Ratios on Sulfate Removal Efficiency in SRBR

The COD/SO4
2− ratio was an important parameter related to electron flow in anaero-

bic fermentation. Results (Figure 1) indicated that when the ratios of COD/SO4
2− increased,

sulfide production was improved. The lowest sulfide production of 99 ± 7 mg L−1 with a
sulfate reduction efficiency of 37.1% was obtained with a COD/SO4

2− ratio of 0.5. When
the ratios were increased to 1, 1.5, 2, 2.5, and 3, the sulfide production improved up to
153 ± 4, 213 ± 4, 320 ± 8, 344 ± 5, 364 ± 3 mg S L−1 with sulfate reduction of 55.8, 65,
93.5, 98.2 and 99.5%, respectively. The strong sulfate-reducing activity was observed at a
COD/SO4

2− ratio of 3 with a maximum of sulfide production (364 ± 3 mg L−1) and sulfate
reduction (99.5%). The results showed that at COD/SO4

2− ratios higher than 3, sulfate
removal efficiency decreased gradually. Sulfate was converted by 83.5, 69.4, and 47.8% of
initial concentrations to sulfide of 263 ± 4, 233 ± 5, and 128 ± 4 mg L−1 under the feed
COD/SO4

2− ratios of 4, 5, and 6, respectively.
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Figure 1. Effect of different ratios of COD/SO4
2− on sulfate reduction and -sulfide production in

SRBR with time. Error bars denote standard deviations.

2.1.2. Effect of Different COD/SO4
2− Ratios on COD Removal Efficiency in SRBR

Figure 2 shows the residual concentrations of COD at various COD/SO4
2− ratios (1.5;

2; 2.5, and 3). These results indicate that when the COD/SO4
2− ratio increased to more

than 1.5, sulfate reduction and sulfide production were improved (Figure 1), whereas COD
was incompletely oxidized (Figure 2).
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At the COD/SO4
2− ratio of ≤1.5, the COD removal efficiency was 99.7 ± 0.3%, and

COD was not detected in the effluent. When the initial COD/SO4
2− ratio became 2 by

adjusting the lactate concentration in the influent, the COD removal efficiency decreased to
95± 0.6%. At an initial COD/SO4

2− ratio of 2.5 and 3, the COD removal efficiency dropped
further to 84.6 ± 0.5 and 75.8 ± 0.5%. COD removal was close to 100% at feed COD/SO4

2−

ratios between 0.5 and 1.5. At higher ratios (2; 2.5 and 3), COD was detected in the
effluent with residual COD concentration of 130 ± 15.6; 499 ± 17.7; and 942 ± 18 mg L−1,
respectively (Figure 2). This can be attributed to the sulfate-limiting conditions (Figure 1).
The incomplete oxidation of COD was compensated by adding an excess of lactate to
obtain the high sulfide production at the feed COD/SO4

2− ratio of 1.5, 2, 2.5, and 3, with
sulfate removal efficiencies of 65, 93.5, 98.2, and 99.5%, respectively (Figure 1). Based on
the efficiencies of sulfate and COD removal, the COD/SO4

2− ratio of 2 was selected for
further determination of a suitable HRT in SOFC.

2.2. Effect of HRTs on Sulfide Removal and Electricity Generation in SOFC

Different levels of HRT (12, 18, and 24 h) were examined with the average initial
sulfide concentrations of 316 ± 5.8 mg L−1. The power density was calculated by voltage
and current every 2 h in SOFC during operation. With prolonged HRT, the removal of
sulfide was enhanced. Microbes could have sufficient opportunity to contact and react with
sulfide when HRT increased.

Figures 3 and 4 show the results of power density and sulfide removal in SOFC. At
an HRT of 12 h, the highest power density was observed, reaching 47.1 ± 0.9 mW/m2.
Meanwhile, the sulfide concentration in the effluent was 130 ± 4.9 mg L−1, corresponding
to sulfide removal efficiency of 58.8 ± 1.5%. As the HRT increased, the sulfide removal
efficiency increased, while power density dropped. At the HRT of 18 and 24 h, the power
densities of 34.5 ± 1 and 18.9 ± 1.1 mW/m2 were obtained, respectively, with the stabilized
voltage was 0.02 V. The sulfide concentrations of HRT 18 and 24 h in the effluent of
SOFC were 83 ± 6.3 and 20 ± 3.8 mg L−1, corresponding to sulfide removal efficiencies
of 73.7 ± 1.7 and 93.7 ± 1.2%, respectively (Figure 4). The maximum sulfide removal
efficiency achieved was as high as 93.7 ± 1.2% with HRT of 24 h.
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2.3. The Removal of COD, Sulfate, Sulfide and Electricity Generation in Wastewater
Treatment System

Based on the previous experiments, continuous operation of the wastewater treatment
system (SRBR integrated with SOFC) was set up with the optimum COD/SO4

2− ratio of 2
and sulfate concentration of 1300 mg L−1. The experiment was carried out for 63 days. The
synthetic wastewater (see Section 4.2.1) was fed continuously at the bottom of the SRBR by
a peristaltic pump with HRT of 72 h. The effluent of SRBR was supplied using a peristaltic
pump into the anode of SOFC at HRT of 24 h.

* Removal efficiency of COD and sulfate in the SRBR:

Figures 5 and 6 display the daily performance outcomes of the SRBR including the
removal efficiencies and residual concentrations of COD and sulfate under the selected con-
ditions. The obtained results showed that the concentrations of COD and sulfate decreased
significantly after 7 days. The lag period observed in the initial phase was attributable to
the slow initiation of activities of SRB. The COD and sulfate removal efficiencies were stable
during the continuous operation from day 8 to 63, with an average COD removal efficiency
of 94.8 ± 0.6% (Figure 5). Sulfate was converted by 93 ± 1.3% of the initial concentration to
sulfide (Figure 6).
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* Sulfide removal and electricity generation in SOFC

In this study, the anode chamber was filled with the effluent of the SRBR at HRT of
24 h during 63-day operation with the average sulfide concentrations of 316 ± 5.8 mg L−1.
Concentrations of sulfide in influent and effluent of the SOFC are shown in Figure 7.
Within 38-day operation from day 8 to 45, sulfide was removed stably from the anode
chamber with an amount of 93 ± 1.2%. The average sulfide concentration in the effluent
of SOFC was 21 ± 3.8 mg L−1. This means that the sulfide present in the anode solution
was oxidized, releasing electrons to the anode when the SOFC operation began, resulting
in electricity production.
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The results of anode surface analysis by SEM-EDX are shown in Figure 9. As 
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component was elemental sulfur.. These indicate that sulfide was oxidized at the anode 
surface, resulting in the formation of insoluble elemental sulfur. 

Figure 7. Sulfide concentrations in the influent and effluent of SOFC with time.

Electricity was generated continuously from the sulfide oxidation process of SOFC
during 63-day operation. The power density reached a maximum power density
(18.2 ± 1.6 mW/m2) after the first week and remained stable for the next 35 days of
SOFC operation (days 8 to 43). During the early stage of the SOFC operation, sulfide
oxidation in the SOFC appeared to correspond to electricity generation. Figures 7 and 8
showed the relative positive correlation between bioelectricity generation and initial
sulfide concentration, due to the reason that the anode potential decreased with the
increase in sulfide as it possesses lower redox potential.
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However, from day 43 to 45 onwards, the sulfide removal efficiency and power density
dropped gradually to 68% and 7.2 mW/m2, respectively, at the end of the operation (on
day-63) (Figures 7 and 8).

The results of anode surface analysis by SEM-EDX are shown in Figure 9. As presented
in Figure 9, many solid deposits were formed on the anode surface after SOFC operation.
The characterization of the solids using EDX revealed that their major component was
elemental sulfur. These indicate that sulfide was oxidized at the anode surface, resulting in
the formation of insoluble elemental sulfur.
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SOFC operation.

3. Discussion

The performance of the wastewater treatment system in this study revealed that a
SOFC can be integrated effectively with a SRBR. To minimize environmental pollution,
the SOFC was operated without the addition of synthetic electron transport mediators
during the operation. The produced sulfide from the sulfate-reducing process in SRBR, a
biological compound, was used as an electron mediator, which transfers electrons to the
anode electrode [35,36]. Sulfide can be removed in the SOFC when it is oxidized through
electrochemical reactions at the anode. Electrons and protons were produced during the
process of oxidation of sulfide. The resulting electrons are delivered to the anode and
transported to the cathode through an external circuit, producing electricity. Then, the
released protons in the anodic chamber migrate through a proton exchange membrane
(PEM) into the cathode chamber [36,37].

Oxygen, ferricyanide, nitrate, persulfate and permanganate are widely used as electron
acceptors in the cathode due to their high oxidation potential in the cathode. In this study,
the protons are taken up and consumed by ferricyanide and oxygen. Both ferricyanide and
oxygen in the presence of electrons donated from the cathode surface react with protons
and are reduced to ferrocyanide and water, as shown in Equations (2) and (3) [2,38,39]:

O2 + 4e− + 4H+ → 2H2O (2)

Fe (CN)6
3+ + e− → Fe (CN)6

4+ (3)

Using a sulfide mediator to produce electricity was observed in different studies.
Ref. [35] reported that dissolved sulfide can be converted to elemental sulfur by MFCs. The
MFCs were connected with an up-flow anaerobic sludge reactor, providing removal of up
to 98% and 46% of the sulfide and acetate, respectively. Ref. [40] studied the electricity
generation potential and demonstrated the anodic potential was controlled by the sulfide
concentrations in the chamber when treating sulfate-laden wastewaters. These investiga-
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tions demonstrated that simultaneous sulfide and organic carbon removals with electricity
generation can be achieved in MFCs. Ref. [29] studied sulfide removal by MFCs prior to
irrigation water reuse. Ref. [33] demonstrated that removal efficiencies of 49.7 and 70% of
the initial sulfide concentrations (150 and 60 mg L−1) and power density of 1.2 mW/m2

were achieved in the continuous MFC.
The ratio of COD/SO4

2− and HRT influences sulfate-reducing and COD oxidizing
capability of SRB [41–43]. In this study, they were recognized as the most two important
factors for sulfate and COD removal in SRBR as well as sulfide removal and bioelectricity
generation in SOFC. The obtained results showed that at initial COD/SO4

2− ratios of
2–3 most of the sulfate in the influent was converted to sulfide with sulfate reduction of
93.5–99.5%. The finding was similar to results obtained by Ref. [44], who reported sulfate
removal efficiencies over 91% at COD/SO4

2− ratios equal to or higher than 2.5 for sulfate
concentrations up to 1960 mg L−1.

On the other hand, the obtained data (Figure 1) showed that the lower (0.5, 1, 1.5)
or higher COD/SO4

2− ratios (4, 5, 6) might result in low sulfate removal efficiency in the
SRBR (37.1 to 83.5%). The lowest sulfide production with sulfate reduction efficiency of
37.1 and 47.8% were observed with COD/SO4

2− ratios of 0.5 and 6, respectively. COD
removal was close to 100% at COD/SO4

2− ratios ≤ 1.5. At higher ratios (≥2), COD was
detected in the influence of the SRBR. Low sulfate reduction at COD/SO4

2− ratios of 0.5,
1, and 1.5 might be attributed to the inhibition of the anaerobic process due to the lack of
carbon source [45]. However, at high COD/SO4

2− ratios (4, 5, and 6) and in sulfate-limiting
conditions, methane-producing bacteria (MPB) might be dominant in the competition with
SRB. Ref. [46] demonstrated that the highest sulfate removal efficiency was obtained when
lactate or acetate was used as carbon and electron sources at COD/SO4

2− ratios between
1.5 and 2.25. Ref. [47] also suggested that a negative effect on the SRB activity can be
observed at COD/SO4

2− ratios of more than 2.7 because competition for nutrients can
occur between SRB and MPB. Ref. [43] reported that COD/sulfate ratio and HRT influence
sulfate loadings and were recognized as the most two important factors for sulfate removal
and bioelectricity generation. In their study, the maximum electricity generation and
sulfate removal (83.9%), with the fixed COD/sulfate ratio of 4 and the influent COD of
2400 mg L−1, were established at an HRT of 60 h. However, as mentioned above, COD
was detected in the influence of the SRBR at COD/SO4

2− ratio equal to or higher than 2.
Therefore, based on the efficiencies of sulfate and COD removal, the COD/SO4

2− of 2 was
selected for the 63-day -continuous operation.

Besides the COD/SO4
2− ratio, HRT is also one of the most important factors during

the operation of biological processes, as it determines the contact duration between pol-
lutants and microbes. In this study, the maximum sulfide removal efficiency achieved
was as high as 93.7 ± 1.2% with HRT of 24 h. However, the highest power density was
observed, reaching 47.1 ± 0.9 mW/m2 at HRT of 12 h. This might explain that the higher
sulfide removal efficiency at the increased HRT resulted from the slower flow with the
longer retention time providing sulfide ions more opportunities to undergo electrochemi-
cal reactions on the anode. In terms of the power density performance, however, a slower
flow for a higher HRT is undesirable due to the lack of the supply of fresh sulfide ions
from SRBR. In such cases, the anode loses the opportunity to encounter electron-rich
fresh sulfides, thereby undergoing mass transport polarization. Electricity generation
displayed an inverse phenomenon as electron donors (sulfide) became insufficient. The
abundant consumption of sulfide also raised the anode potentials which did not benefit
bioelectricity generation.

MFCs often faced trade-off in aspects of electricity generation and pollutant re-
moval [48]. Based on the consent MFC technology should be applied as a waste/wastewater
treatment unit rather than a renewable energy source. In this study, considering the sulfide
removal efficiency, which is one of the most important values in a wastewater treatment
system, the optimum HRT was determined to be 24 h. The continuous operation of the
treatment system was carried out for 63 days with the optimum COD/SO4

2− ratio and
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HRT. The results indicated that the COD and sulfate removal efficiencies were stable in
SRRB, reaching 94.8 ± 0.6% and 93 ± 1.3% during the operation. Electricity was generated
continuously and stably (18 ± 1.6 mW/m2) from the sulfide oxidation process of SOFC
for the first 45 days with 93 ± 1.2% of the sulfide being oxidized from the anode cham-
ber. However, the sulfide removal efficiency and power density decreased gradually after
45 days. At the end of the operation, sulfide removal efficiency and power density were
68% and 7.2 W/m2, respectively.

The results obtained in our study showed that the generated bioelectricity is pro-
portional to the sulfide concentration, the higher concentration of sulfide obtained, the
more electricity is generated. The results are consistent with the report from [40,49]. They
demonstrated that the bioelectricity produced by the electrodes was dependent on the con-
centration of the sulfide, which on the other hand indicated the sulfide oxidation process.

The decline in sulfide oxidation and electricity generation after 45 days of operation
can be attributed to the deposition of elemental sulfur, which hinders the effective mass
transport of fresh sulfide ions to the anode electrode. The concentration of sulfate did
not increase during the sulfide removal, suggesting that under this condition, sulfide was
oxidized to sulfur, not sulfate. This was confirmed through an anode surface analysis
with SEM and EDX at the end of the SOFC operation. The accumulation of sulfur on the
anode may have decreased the electrical conductivity of the anode, thereby increasing
the overpotential of the anode in the SOFC over time. This explanation is in agreement
with previous studies [50,51]. Ref. [50] observed losses in the current output of MFCs
and the reduction in removal of sulfide or sulfate from wastewater due to the deposition
of elemental sulfur on the electrode surface. Furthermore, exopolysaccharides produced
from SRB hamper electron transfer between bacterial cells and the electrode and thus
reduce the voltage. Ref. [52] who investigated the performance of MFC treating organic
wastewater containing high sulfate showed that the ohmic loss or internal resistance of the
MFC increased over time from day 13 to day 54. The anode replacement on day 81 resulted
in a significant reduction in the ohmic loss, suggesting the important role of the anode in
the internal resistance of the MFC.

To remove effectively pollutants from wastewater and generate stable electricity in
long-term operation, the integrated treatment system should be (i) separated from sulfate-
reducing and sulfide-oxidizing processes, and (ii) operated in continuous flow mode. In
such systems, substrate and other nutrients will be continuously supplied to the SRB.
Moreover, the continuous flow mode could also remove the by-product elemental sulfur
from the anode compared with MFCs operated in batch mode. Furthermore, the presence
of sulfate in the anode media has negative effects on sulfide oxidation and electricity
generation in MFCs. Ref. [31] reported that low concentrations of sulfate (≤1470 mg L−1)
benefited the MFC efficiency, while higher sulfate presence blocked the sulfide oxidization
and electricity generation.

4. Materials and Methods
4.1. Inoculum and Culture Medium

A consortium of SRB was enriched from anaerobic sludge rich in sulfide from a crude
oil tanker, Vung Tau, Vietnam, and used as the inoculum. This culture was cultivated
under anaerobic conditions using Postgate’s medium B [53] with a slight modification.
Modified Postgate’s B medium contained (in g/L): KH2PO4 0.5; NH4Cl 1.0; Na2SO4 1.0;
MgSO4·7H2O 2.0; Sodium lactate 3.2; Yeast extract 0.5; FeSO4.7H2O 0.01; ascorbic acid 0.1;
thioglycolic acid 0.1. The pH was adjusted to 7.0 ± 0.2 using HCl 1 M or NaOH 1 M.

All procedures during the preparation of the medium and cultivation were performed
according to the modified Hungate’s method for anaerobes [54]. To enrich the SRB number,
the cultivation step was repeated three times before inoculating into the SRBR. The enrich-
ment culture was obtained as follows: The culture was seeded with 10% (v/v) inoculum
and incubated at 30 ◦C in a Hungate tube or glass culture bottle. The medium was sparged
with pure nitrogen gas to maintain anaerobic conditions before inoculation. Every week
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10% of the volume of the culture in the bottle (or Hungate tube) was replaced by fresh
medium. After 3-time cultivations, a culture containing a high density of SRB was achieved.
The cell density of the enrichment culture was approximately 1 × 108 cells mL−1 in
all experiments.

4.2. Design of Wastewater Treatment System

The system consisted of two identical components: (1) a SRBR to reduce sulfate to
sulfide; (2) a SOFC to oxidize subsequently sulfide to element sulfur (S◦)/sulfate (SO4

2−).
The integrated use of SRBR and SOFC can remove organic matter (COD), sulfate and sulfide
simultaneously with electricity generation. The experimental apparatus is illustrated in
Figure 10.
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fuel cell (SOFC).

4.2.1. Sulfate-Reducing Bioreactor (SRBR)

The schematic diagram of the feeding tank and sulfate-reducing bioreactor are present
in Figure 10.

* Feeding tank

Synthetic wastewater (see below) was prepared aseptically to avoid contamination
and then fed continuously at the bottom of the bioreactors by a peristaltic pump (Ismatec
SA, Zuerich, Switzerland) with a volumetric flow of 125 mL d−1 (HRT of 72 h).

To maintain the anaerobic condition, feeding tank was purged with filter sterilized
nitrogen gas (0.22 µm). Gas produced during the treatment process was trapped by 4%
(w/v) NaOH solution.

* Synthetic wastewater composition

The composition of the synthetic wastewater (g L−1) consisted of KH2PO4, 0.5; NH4Cl;
Na2SO4, 1.9; MgSO4·7H2O, 0.06. Synthetic wastewater was fed with different COD/SO4

2−

ratios. The sulfate concentration (1300 mg L−1) was maintained constant during the whole
experiment and the sodium lactate concentration (in COD) was varied in the medium (1070,
2140, 3210, 4280, 5350, 6420, 8560, 10,700 and 12,840 mg L−1) to obtained feed COD/SO4

2−

ratios of 0.5, 1.0, 1.5, 2.0, 2.5, 3, 4, 5 and 6, respectively. The synthetic wastewater was not
supplemented with Fe2+ and reducing agents such as yeast extract, ascorbic acid, sodium
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thioglycolate and Na2S to prevent the precipitation of FeS. This avoids clogging pipes and
membranes, and loss of sulfide in the treatment system. The pH was adjusted to 7.0 ± 0.2
using HCl 1 M or NaOH 1 M.

* SRBR and operating conditions

For sulfate reduction and removal of organic matter (COD), the experiments were
carried out in a continuous anaerobic SRBR in an up-flow mode. This reactor was fabricated
from glass, having a total volume of 350 mL and a working volume of 250 mL. The SRBR
was soaked in a 3 M HNO3 solution for 72 h and rinsed with de-ionized water before use
to avoid contamination.

The SRBR was first inoculated with 10% (v/v) of the enriched SRB consortium contain-
ing 1 × 108 cells mL−1 using synthetic wastewater containing sulfate and sodium lactate
as electron acceptor and donor, respectively. The synthetic wastewater was continuously
injected into the bottom of the SRBR by a peristaltic pump. It then flowed upward. After
inoculation with enriched SRB consortium, the reactor was purged by N2 gas to provide
the anaerobic condition. To investigate the roles of SRB in the removal of organic (COD)
and sulfate in SRBR, the reactor was operated continuously with a HRT of 72 h for 63 days
at ambient room temperature (25 ± 2 ◦C).

4.2.2. Sulfide-Oxidizing Fuel Cell (SOFC)

* Design and fabrication of SOFC

Double-chambered SOFC design was used to investigate the removal of sulfide and
electricity generation in SOFC. The SOFC consisted of two identical chambers (working
volume of 80 mL each): (i) anode chamber, where electrochemical oxidation of sulfide on
an anode surface derives electrons and protons and (ii) cathode chamber, where the oxygen
and ferricyanide are the terminal electrons acceptors and react with the released protons.
The design of this SOFC precludes the possibility of oxygen ingress in the anodic chamber
because the anode and cathode chambers are divided by proton-exchange membrane
(PEM). It is permeable only for H+ cations.

Both chambers were made of mica acrylic plates to prevent any corrosion from sul-
fide. These plates were fabricated by using a CNC machine. After machining, the plates
were glued with acrylic resin to form the SOFC chambers. Before the experiment, all the
electrodes were first immersed in 1 M NaOH then 1 M HCl for one-hour each to remove
microbial residues on the electrodes surface.

* Preparation of SOFC electrode

An electrocatalyst ink was prepared by mixing Pt/C 40% wt. catalyst powder (John-
son Mathey—Wayne, PA, USA), Nafion solution 5% and iso-propanol. Afterward, the
mixture was ultrasonicated and stirred by magnetic to ensure that the catalyst powder
was uniformly dispersed in the ink. The Pt/C catalyst layer was prepared by brushing the
catalyst ink on a carbon cloth with an active area of around 10 cm2. After each brushing, the
sample was dried in air and this process was repeated until reaching the desired Pt loading
of 1 mg/cm2. Finally, the catalyst layer was dried at 130 ◦C for 30 min. The cathodic
electrode was fabricated by hot pressing the catalyst layer on a Nafion 117 membrane.
The hot-pressing conditions were executed at a temperature of 135 ◦C, duration time of
180 s and pressure of 21 kg/cm2. For the anode, a plain carbon cloth (1071 HBC, Pinon
Driver,—USA) was utilized with a working area of about 5 cm2.

* SOFC operation conditions

To investigate the feasibility of sulfide removal and the electricity generation capacity
of the SOFC, the effluent of SRBR was fed continuously into the anode chamber of SOFC
by a peristaltic pump with HRT of 24 h. The SOFC was operated for 63 days at ambient
room temperature (25 ± 2 ◦C).

The cathode chamber was filled with ferricyanide solution (50 mM K3Fe (CN)6) and
air was supplied through a diffuser connected to an aerator. Ferricyanide solution is often
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used in the cathodic medium in SOFC to substitute oxygen as a cathodic electron acceptor
due to low overpotential. To maintain sufficient deoxidation by oxygen in the cathode
chamber, fresh ferricyanide solution was replenished in the cathodic chamber every week.

4.2.3. Determination of Suitable Conditions for SRBR and SOFC

* Determination of COD/SO4
2− ratios for sulfate removal in SRBR

To select a COD/SO4
2− ratio that simultaneous removal of COD, sulfate and produc-

tion of sulfide effectively in SRBR, the continuous experiments were operated with HRT
of 72 h for 180 days at various COD/sulfate ratios (0.5, 1, 1.5, 2, 2.5, 3, 4, 5, and 6). The
period of each COD/sulfate ratio lasted for 20 days. After 20-day operation of COD/SO4

2−

ratio of 0.5, other ratios (1, 1.5, 2, 2.5, 3, 4, 5, and 6) were respectively started up and
having similar performance. During the optimization of the COD/SO4

2− ratio, sulfate
concentration was maintained constant (1300 mg L−1) while the COD/sulfate ratios were
increased in a stepwise manner from 0.5 to 6 by increasing the amount of sodium lactate
(in COD). The sulfate removal efficiency was estimated by measuring the concentration of
sulfide and sulfate in the effluent of SRBR with all ratios of COD/SO4

2− after reaching a
dynamic equilibrium (after 7 days). The COD removal efficiency was only monitored at
COD/SO4

2− ratios of 1.5, 2, 2.5 and 3 that strong sulfate-reducing activity was observed.

* Determination of suitable HRTs for sulfide removal and electricity generation in SOFC

For the effect of HRTs on the sulfide removal and the electricity generation capacity of
SOFC, a feed COD/SO4

2− ratio of 2 and a sulfate concentration of 1300 mg L−1 were used.
The effluent of the SRBR was supplied using a peristaltic pump into the SOFC system at
various HRTs in the range of 12, 18, and 24 h. Sulfide concentrations in the influent and
effluent of the anode chamber in SOFC were measured at 12 h intervals during 3 days of
each HRT. The power density was examined every 2 h in SOFC.

* Performance of wastewater treatment system

Based on the selected COD/SO4
2− ratio of 2 and optimum HRT from the test in SRBR

(72 h) and SOFC (24 h), respectively, continuous operation of the wastewater treatment
system was carried out for 63 days. The SOFC was operated without the addition of
external substrates or electron transport mediators during the experiment. After reaching
a dynamic equilibrium (7 days), the influent and effluents from SRBR and SOFC were
sampled for investigating removal efficiencies of sulfate, sulfide, and COD every day. The
power density was monitored every 2 h to check for changes in the electricity generation
efficiency during the operation.

4.3. Analytical Methods

Influent and effluent samples of SRBR and SOFC were collected over time for COD,
sulfate, and sulfide measurement. Before each analysis, the samples were filtered through a
0.45 µm nitrocellulose membrane syringe filter. Sulfate was measured using the turbidi-
metric method based on the addition of barium chloride to form a colloidal suspension
of barium sulfate at 420 nm [55]. Sulfide (H2S, HS−, and S2−) was measured at 480 nm
according to Cord–Ruwish method based on CuS precipitation [56]. The organic substrate
utilization was estimated by measuring the chemical oxygen demand (COD). The concen-
trations of COD were monitored in a concentrated sulfuric acid based on digestion with
potassium dichromate for 2 h at 150 ◦C [55]. Power density (P, mW/m2) was counted
according to P = IU/A. Where I (A) is current, U (mV) is voltage, and A (m2) is the surface
area of the cathode.

The surfaces of the clean anode and the used anode were analyzed using scanning
electron microscopy (SEM) (HITACHI, S—4800, Tokyo, Japan) equipped with an energy
dispersive X-ray (EDX) detector (HORIBA, model 7593—H, Kyoto, Japan). For SEM
examination, samples were first immersed in glutaraldehyde (2.5%, 60 min) and then
washed with phosphate buffer (0.1 M, pH 7.0, 3 times). Finally, the samples were treated
with critical point drying to dehydrate the biological tissues and coated with Pt.
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5. Conclusions

In this study, the integrated treatment system consisting of an anaerobic SRBR and a
SOFC has been successfully applied to treat organic wastewater containing high concentra-
tions of sulfate/sulfide. Sulfide produced in the sulfate reduction process by SRB acts not
only as an endogenous electron mediator but also as an electron donor to oxidize sulfide
into non-toxic sulfur and recoverable by precipitation. High sulfate and COD removal were
attained in SRBR at feed COD/SO4

2− ratios of 2 and sulfate concentration of 1300 mg L−1

under continuous operation at HRT of 72 h. The COD and sulfate removal efficiencies of
SRBR were 94.8 ± 0.6 and 93 ± 1.3%, respectively, during the operation. The maximum
sulfide removal efficiency achieved was as high as 93.7 ± 1.2% and power density reached
18.2 ± 1.6 mW/m2 with HRT of 24 h and initial sulfide of 316 ± 5.8 mg L−1. However, the
sulfide removal efficiency and power density dropped gradually after 45 days of operation.
At the end of the operation, sulfide removal efficiency and power density were 68% and
7.2 mW/m2, respectively. This might explain why the accumulation of sulfur on the anode
may have decreased the electrical conductivity of the anode, thereby increasing the over-
potential of the anode in the SOFC over time. The results presented in this study clearly
revealed the feasibility of using an integrated treatment system to control the removal of
pollutants from wastewater and electricity generation.

However, a major limitation of the method is the decrease in electrochemical activity
over time due to the deposition of elemental sulfur. The precipitated sulfur forms a barrier
towards the further oxidation of sulfides over long periods of time. Therefore, an efficient
method to re-activate the electrode and recover sulfur from the electrode surface needs to
be developed in the future.

Author Contributions: Methodology, T.Q.H.K. and C.L.D.; Validation, T.Y.N.; Formal analysis, T.Y.N.
and C.L.D.; Investigation, T.Q.H.K.; Data curation, T.Y.N. and C.L.D.; Writing—original draft, T.Y.N.
and C.L.D.; Writing—review & editing, T.Q.H.K.; Supervision, T.Q.H.K. All authors have read and
agreed to the published version of the manuscript.

Funding: This research was funded by National Foundation for Science and Technology Development
(NAFOSTED) under grant number 106.04-2017.314.

Institutional Review Board Statement: Not applicable.

Informed Consent Statement: Not applicable.

Data Availability Statement: Not applicable.

Conflicts of Interest: The authors declare no conflict of interest.

Sample Availability: Not applicable.

References
1. Cai, J.; Quaisar, M.; Ding, A.; Wang, K.; Sun, Y.; Wang, R. Microbial fuel cells simultaneously treating sulfide and nitrate under

different influent sulfide to nitrate molar ratios. Energy Fuels 2020, 34, 3858–3866.
2. Chen, Z.; Zhang, S.H.; Zhong, L. Simultaneous sulfide removal, nitrogen removal and electricity generation in a coupled microbial

fuel cell system. Bioresour. Technol. 2019, 291, 121888. [CrossRef] [PubMed]
3. Silva, A.M.; Lima, R.M.F.; Leao, V.A. Water treatment with limestone for sulfate removal. J. Hazard. Mater. 2012, 221–222, 45–55.
4. Angelov, A.; Bratkova, S.; Loukanov, A. Microbial fuel cell based on electroactive sulfate-reducing biofilm. Energy Convers. Manag.

2013, 67, 283–286. [CrossRef]
5. Guerrero-Rangel, N.; Rodriguez-de la Garza, J.A.; Garza-Garcia, Y.; Rios-Gonzalez, L.J.; Sosa-Santillan, G.J. Comparative study of

three cathodic electron acceptors on performance of mediatorless microbial fuel cell. Int. J. Electr. Power. Eng. 2010, 4, 27–31.
6. Neculita, C.M.; Zagury, G.J.; Busiere, B. Passive treatment of acid mine drainage in bioreactors using sulfate-reducing bacteria:

Critical review and research needs. J. Environ. Qual. 2007, 36, 1–16.
7. Batterman, S.; Grant-Alfieri, A.; Seo, S.-H. Low level exposure to hydrogen sulfide: A review of emissions, community exposure,

health effects, and exposure guidelines. Crit. Rev. Toxicol. 2023, 53, 244–295.
8. Lloyd, D. Hydrogen sulfide: Clandestine microbial messenger. Trends Microbiol. 2006, 14, 456–462.
9. Tang, K.; Baskaran, V.; Nemati, M. Bacteria of the sulphur cycle: An overview of microbiology, biokinetics and their role in

petroleum and mining industries. Biochem. Eng. J. 2009, 44, 73–94.

250



Molecules 2023, 28, 6197

10. Zhang, L.; de Schryver, P.; de Gusseme, B.; de Myynck, W.; Boon, N.; Vertraete, W. Chemical and biological technologies for
hydrogen sulfide emission control in sewer systems: A review. Water Res. 2008, 42, 1–12.

11. Dou, L.; Zhang, M.; Pan, L. Sulfide removal characteristics, pathways and potential application of a novel chemolithotrophic
sulfide-oxidizing strain. Marinobacter sp. SDSWS8. Environ. Res. 2022, 212, 113176.

12. Lee, E.Y.; Cho, K.S.; Ryu, H.W. Simultaneous removal of H2S and NH3 in biofilter inoculates with Acidithiobacillus thiooxidans TAS.
J. Biosci. Bioeng. 2005, 99, 25–31. [CrossRef] [PubMed]

13. Chen, C.; Ho, K.I.; Liu, F.C.; Ho, M.N.; Wang, A.J.; Ren, N.Q.; Lee, D.J. Autotrophic and heterotrophic denitrification by a newly
isolated strain Pseudomonas sp. C27. Bioresour. Technol. 2013, 145, 351–356. [CrossRef] [PubMed]

14. Sun, M.; Tong, Z.H.; Sheng, G.P.; Chen, Y.Z.; Zhang, F.; Mu, Z.X.; Wang, H.L.; Zeng, R.J.; Liu, X.W.; Yu, H.Q.; et al. Microbial
communities involved in electricity generation from sulfide oxidation in a microbial fuel cell. Biosens. Bioelectron. 2010, 26,
470–476. [CrossRef] [PubMed]

15. Song, T.S.; Wang, D.B.; Wang, H.; Li, X.; Liang, Y.; Xie, J. Cobalt oxide/nanocarbon hybrid materials as alternative cathode catalyst
for oxygen reduction in microbial fuel cell. Int. J. Hydrogen Energy 2015, 40, 3868–3874. [CrossRef]

16. Barua, P.K.; Deka, D. Electricity generation from biowaste based microbial fuel cells. Int. J. Energy Inf. Commun. 2010, 1, 77–92.
17. Koók, L.; Nemestóthy, N.; Bélafi-Bakó, K.; Bakonyi, P. Investigating the specific role of external load on the performance versus

stability trade-off in microbial fuel cells. Bioresour. Technol. 2020, 309, 123313. [CrossRef] [PubMed]
18. Zhang, B.; Zhao, H.; Shi, C.; Zhou, S.; Ni, J. Simultaneous reduction of nitrate and oxidation of by-products using electrochemical

method. J. Hazard. Mater. 2009, 171, 724–730.
19. Holzman, D.C. Microbe power. Environ. Health Persp. 2005, 113, A754–A757. [CrossRef]
20. Jang, J.K.; Pham, T.H.; Chang, I.S.; Khang, K.H.; Moon, H.; Cho, K.S.; and Kim, B.H. Construction and operation of a novel

mediator- and membrane-less microbial fuel cell. Process Biochem. 2004, 39, 1007–1012. [CrossRef]
21. Malik, S.; Kishore, S.; Dhasmana, A.; Kumari, P.; Mitra, T.; Chaudhary, V.; Kumari, R.; Bora, J.; Ranjan, A.; Minkina, T.; et al. A

perspective review on microbial fuel cells in treatment and product recovery from wastewater. Water 2023, 15, 316.
22. Van Den Brand, T.P.; Roest, K.; Chen, G.H.; Brdjanovic, D.; van Loosdrecht, M.C.M. Potential for beneficial application of

sulfate reducing bacteria in sulfate containing domestic wastewater treatment. World J. Microbiol. Biotechnol. 2015, 31, 1675–1681.
[CrossRef] [PubMed]

23. Roy, H.; Rahman, T.U.; Tasnim, N.; Arju, J.; Rafid, M.M.; Islam, M.R.; Pervez, M.N.; Cai, Y.; Naddeo, V.; Islam, M.S. Microbial Fuel
cell construction features and application for sustainable wastewater treatment. Membranes 2023, 13, 490. [PubMed]

24. Kim, H.; Kim, B.; Yu, J. Power generation response to readily biodegradable COD in single-chamber microbial fuel cells. Bioresour.
Techno. 2015, 186, 136–140. [CrossRef]

25. Moharir, P.V.; Tembhurkar, A.R. Effect of recirculation on bioelectricity generation using microbial fuel cell with hfood waste
leachate as substrate. Int. J. Hydrogen Energy 2018, 43, 10061–10069. [CrossRef]

26. Subha, C.; Kavitha, S.; Abishekar, S.; Tamilarasan, K.; Arulazhagan, P.; Rajesh Banu, J. Bioelectricity generation and effect
studies from organic rich chocolaterie wastewater using continous upflow anaerobic microbial fuel cell. Fuel 2019, 251, 224–232.
[CrossRef]

27. Xin, X.; Hong, J.; Liu, Y. Insights into microbial community profiles associated with electric energy production in microbial fuel
cells fed with food waste hydrolysate. Sci. Total Environ. 2019, 670, 50–58. [CrossRef]

28. Yang, Z.; Pei, H.; Hou, Q.; Jiang, L.; Zhang, L.; Nie, C. Algal biofilm-assisted micobial fuel cell to enhance domestic wastewater
treatment nutrient, organics removal and bioenergy production. Chem. Eng. J. 2018, 332, 277–285. [CrossRef]

29. Abourached, C.; English, M.J.; Liu, H. Wastewater treatment by Microbial fuel cell (MFC) prior irrigation water reuse. J. Clean.
Prod. 2016, 137, 144–149. [CrossRef]

30. Gacitúa, M.A.; Muñoz, E.; González, B. Bioelectrochemical sulphate reduction on batch reactors: Effect of inoculum-type and
applied potential on sulfphate consumption and pH. Bioelectrochemistry 2018, 199, 26–32. [CrossRef]

31. Gao, C.; Wang, A.; Zhao, Y. Contribution of sulfate-reducing bacteria to the electricity generation in microbial fuel cells. Adv.
Mater. Res. 2014, 1008–1009, 285–289. [CrossRef]

32. Zhang, K. Simultaneous sulfide removal and hydrogen production in a microbial electrolysis cell. Int. J. Electrochem. Sci. 2017, 12,
10553–10566.

33. Liu, H.; Zhang, B.; Liu, Y.; Wang, Z.; Hao, L. Continuous bioelectricity generation with simultaneous sulfide and organics
removals in an anaerobic baffled stacking microbial fuel cell. Inter. J. Hydrogen Energy 2015, 40, 8128–8136. [CrossRef]

34. Sangcharoen, A.; Niyom, W.; Suwannasilp, B.B. A microbial fuel cell treating organic wastewater containing high sulfate under
continuous operation: Performance and microbial community. Process Biochem. 2015, 50, 1648–1655. [CrossRef]

35. Rabaey, K.; Boon, N.; Hofte, M.; Verstraete, W. Microbial phenazine production enhances electron transfer in biofuel cells. Environ.
Sci. Technol. 2006, 39, 3401–3408. [CrossRef]

36. Venkatramanan, V.; Shah, S.; Prasad, R. A critical review on microbial fuel cells technology: Perspectives on wastewater treatment.
Open Biotechnol. J. 2021, 15, 131–141. [CrossRef]

37. Hong, S.W.; Chang, I.S.; Choi, Y.S.; Kim, B.H.; Chung, T.H. Response from freshwater sediment during electricity generation
using microbial fuel cells. Bioprocess Biosyst. Eng. 2009, 32, 389–395. [CrossRef]

38. Kong, X.; Sun, Y.; Yuan, Z.; Li, D.; Li, L.; Li, Y. Effect of cathode electron-receiver on the performance of microbial fuel cells. Int. J.
Hydrog. Energy 2010, 35, 7224–7227. [CrossRef]

251



Molecules 2023, 28, 6197

39. You, S.J.; Ren, N.Q.; Zhao, Q.L.; Kiely, P.D.; Wang, J.Y.; Yang, F.L.; Fu, L.; Peng, L. Improving phosphate buffer-free cathode
performance of microbial fuel cell base on biological nitrification. Biosens. Bioelectron. 2009, 24, 3698–3701. [CrossRef]

40. Zhao, F.; Rahunen, N.; Varcoe, J.R.; Roberts, A.J.; Avignone-Rossa, C.; Thumser, A.E. Factors affecting the performance of
microbial fuel cells for sulfur pollutants removal. Biosens. Bioelectron. 2009, 24, 1931–1936. [CrossRef]

41. Moon, C.; Singh, R.; Veeravalli, S.S.; Shanmugam, S.R.; Chaganti, S.R.; Lalman, J.A.; Heath, D.D. Effect of COD:SO4
2− ratio, HRT

and Linoleic acid concentration on mesophilic sulfate reduction: Reactor performance and microbial population dynamics. Water
2015, 7, 2275–2292. [CrossRef]

42. Rossi, R.; Cario, B.P.; Santoro, C.; Yang, W.; Saikaly, P.E.; Logan, B.E. Evaluation of electrode and solution area-based resistance
enables quantitative comparisons of factors impacting microbial fuel cell performance. Environ. Sci. Technol. 2019, 53, 3977–3986.
[CrossRef] [PubMed]

43. Zhang, B.; Zhang, J.; Yang, Q.; Feng, C.; Zhu, Y.; Ye, Z.; Ni, J. Investigation and optimization of the novel UASB-MFC integrated
system for sulfate removal and bioelectricity generation using the response surface methodology (RSM). Biores. Technol. 2012, 124,
1–7. [CrossRef]

44. Damianovic, M.H.R.Z.; Foresti, E. Anaerobic Degradation of synthetic wastewaters at different levels of sulfate and COD/Sulfate
ratios in horizontal-flow anaerobic reactors (HAIB). Environ. Engine Sci. 2007, 24, 384–393. [CrossRef]

45. Mohan, S.V.; Rao, N.C.; Prasad, K.K.; Sarma, P.N. Bioaugmentaion of anaerobic sequencing batch biofilm reactor (AnSBBR) with
immobilized sulphate reducing bacteria (SRB) for the treatment of sulphate bearing chemical wastewater. Process Biochem. 2005,
40, 2849–2857. [CrossRef]

46. El Bayoumy, M.A.; Bewtra, J.K.; Ali, H.I.; Biswas, N. Removal of heavy metals and COD by SRB in UAFF reactor. J. Environ. Eng.
1999, 125, 532–539. [CrossRef]

47. Choi, E.; Rim, J.M. Competition and inhibition of sulfate reducers and methane producers in anaerobic treatment. Water Sci.
Technol. 1991, 23, 1259–1264. [CrossRef]

48. Zhang, J.; Zhang, B.; Tian, C.; Ye, Z.; Liu, Y.; Lei, Z. Simultaneous sulfide removal and electricity generation with corn stover
biomass as co-substrate in microbial fuel cells. Bioresour. Technol. 2013, 138, 198–203. [CrossRef]

49. Ieropoulos, I.; Greenman, J.; Melhuish, C.; Hart, J. Comparative study of three types of microbial fuel cell. Enzyme Technol. 2005,
37, 238–245. [CrossRef]

50. Dutta, P.K.; Rabaey, K.; Yuan, Z.; Keller, J. Spontaneous electrochemical removal of aqueous sulfide. Water Res. 2008, 42, 4965–4975.
[CrossRef]

51. Wan, Y.; Zhang, D.; Wang, Y. Electron transfer from sulfate-reducing bacteria biofilm promoted by reduced graphene sheets. Chin.
J. Ocean Limnol. 2012, 30, 12. [CrossRef]

52. Miran, W.; Jang, J.; Nawaz, M.; Shahzad, A.; Jeong, S.; Jeon, E.; Lee, D.S. Mixed sulfate-reducing bacteria-enriched microbial fuel
cells for the treatment of wastewater containing copper. Chemosphere 2017, 189, 134–142. [CrossRef] [PubMed]

53. Postgate, J.R. The Sulfate-Reducing Bacteria, 2nd ed.; Cambridge University Press: Cambridge, UK, 1984.
54. Miller, T.L.; Wolin, M.J. A serum bottle modification of the Hungate technique for cultivating obligate anaerobes. Appl. Microbiol.

1974, 27, 985. [CrossRef] [PubMed]
55. APHA. Standard Methods for the Examination of Water and Wastewater, 22nd ed.; American Public Health Association: Washington,

DC, USA, 2012.
56. Cord-Ruwisch, R. A quick method for the determination of dissolved and precipitated sulfides in cultures of sulfate-reducing

bacteria. J. Microbiol. Meth. 1985, 4, 33–36. [CrossRef]

Disclaimer/Publisher’s Note: The statements, opinions and data contained in all publications are solely those of the individual
author(s) and contributor(s) and not of MDPI and/or the editor(s). MDPI and/or the editor(s) disclaim responsibility for any injury to
people or property resulting from any ideas, methods, instructions or products referred to in the content.

252



Citation: Alhogbi, B.G.; Al Balawi,

G.S. An Investigation of a Natural

Biosorbent for Removing Methylene

Blue Dye from Aqueous Solution.

Molecules 2023, 28, 2785. https://

doi.org/10.3390/molecules28062785

Academic Editors: Yongchang Sun

and Dimitrios Giannakoudakis

Received: 20 January 2023

Revised: 28 February 2023

Accepted: 1 March 2023

Published: 20 March 2023

Copyright: © 2023 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

molecules

Article

An Investigation of a Natural Biosorbent for Removing
Methylene Blue Dye from Aqueous Solution
Basma G. Alhogbi * and Ghadeer S. Al Balawi

Department of Chemistry, Faculty of Science, King Abdulaziz University, Jeddah 21589, Saudi Arabia
* Correspondence: balhogbi@kau.edu.sa

Abstract: T he current study reports the use of zeolite prepared from a kaolin composite via physical
mixing with different ratios from fiber of palm tree (Zeo-FPT) as a sustainable solid sorbent for
the removal of methylene blue (MB) dye from aqueous solutions. The prepared biosorbent was
fully characterized using XRD, TGA, SEM, and FTIR. The impacts of various analytical parameters,
for example, contact time, dosage, MB dye concentration, and the pH of the solution, on the dye
adsorption process were determined. After a contact time of 40 min, the capacity to remove MB
dye was 0.438 mg g−1 at a Zeo-FPT composition ratio of 1F:1Z. At pH 8, Zeo-FPT (1F:1Z) had a
removal efficiency of 87% at a sorbent dosage of 0.5 g for a concentration of MB dye in an aqueous
phase of 10 mg L−1. The experimental data were also analyzed using the kinetic and adsorption
isotherm models. The retention process fitted well with the pseudo-second-order model (R2 0.998),
where the Qe,calc of 0.353 mg g−1 was in acceptable agreement with the Qe,exp of 0.438 mg g−1. The
data also fitted well with the Freundlich isotherm model, as indicated by the correlation coefficient
value (R2 0.969). The Zeo-FPT attained a high percentage (99%) in the removal of MB dye from
environmental water samples (tap water, bottled water, and well water). Thus, it can be concluded
that the proposed zeolite composite with fiber of palm tree (Zeo-FPT) is a suitable, environmentally
friendly, and low-cost adsorbent for removing dyes from wastewater.

Keywords: environmentally friendly product; fiber of palm tree; kaolin; zeolite; dye retention;
adsorption

1. Introduction

Recently, from a global perspective, environmental protection awareness has increased.
Following the industrial revolution and the rapid development of new technologies, a
great deal of waste has been produced that is harmful to the environment and to public
health. Water bodies are most affected, resulting in the water becoming unsuitable for
consumption. Dyes are used in many industries, such as textiles, food, and cosmetics, and
are also used for medical purposes, including as antiseptic agents, making them common
water pollutants [1]. During the dyeing process, many chemicals are discharged into the
water, affecting living organisms, damaging the soil and plants, and poisoning drinking
water. For example, the dye methylene blue (MB) is a heterocyclic aromatic compound,
referred to as 3, 7 bis (dimethyl amino) phenothiazine-5-ium chloride by the International
Union of Pure and Applied Chemistry (IUPAC). It has been defined as a biologically active
substance and is a cationic thiazine dye that, when oxidized, has a deep blue color, but
when reduced to leucomethylene blue, it becomes colorless [2,3]. At different doses, MB
dye is toxic to animals, aquatic ecosystems, and humans; for example, at high doses, it
may cause chest pain, dyspnea, restlessness, tremors, and damage to the digestive and
respiratory systems of humans [4,5].

Recently, much attention has been directed toward developing low-cost and widely
applicable technologies to meet the significant challenge of the treatment of wastewater
contaminated with dyes. The elements of the dyes vary with respect to their chromosphere
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groups and substituents, thus affecting characteristics such as polarity and solubility. The
most widely used methods for removing dyes from wastewater include coagulation [6],
ozonation [7], chlorination [8], electrochemical processes [9], chemical precipitation [10],
membrane methods [11], biological treatments [12] and adsorption [13]. The removal
of MB dye from wastewater is extremely important, due to the serious environmental
damage that it can cause [14,15]. The most common method of dye removal is adsorption
as there are a large number of adsorbents available in the field. Adsorption is considered a
surface phenomenon with several mechanisms for the inorganic and organic removal of
pollutants. Adsorption is a mass transfer operation by which a substance is conveyed from
a liquid stage onto a solid surface and becomes bound by chemical and/or physical interac-
tions. The massive surface area causes high surface reactivity and adsorption capacity [16].
Adsorption procedures are preferred because of their advantages in terms of low cost, relia-
bility, ease of process, and, most crucially, the possibility of acquiring the adsorbent from a
wide range of natural, artificial, and waste materials, such as lignocellulosic biomass [16].

Presently, the search for low-cost and effective solid-phase extractors that are applica-
ble for the removal of dye from wastewater is ongoing [12]. The efficiency of this process
can also be successfully increased by optimizing the conditions through the use of various
surface modifications [12]. In the literature, hydroxyapatite modified by magnetic particles
is utilized as an effective, stable, biodegradable adsorbent that more easily and rapidly
performs the process of removing heavy metal ions, inorganic elements, and organic dyes
that constitute environmental pollution [10]. Materials classified as natural adsorbents
include clays, charcoal, zeolites, ores, and biomass [13,16]. These natural elements are
generally inexpensive and present considerable potential for alteration, with the aim of
eventually improving their adsorption abilities [14]. Every adsorbent has its own features
in terms of pore structure, porosity, and the essence of its adsorbing surfaces. Some of the
waste elements used include coconut shell, fruit waste, bark, scrap tires, rice husk, saw-
dust, fertilizer waste, petroleum waste, sugar industry waste, palm fiber, fly ash, seafood
processing waste, chitosan, peat moss, red mud, clays, and zeolites [1,13,17].

Adsorption technology includes an effective range of techniques for removing most
color pigments from wastewater using modified synthesized zeolite to enhance the ad-
sorption capacity via cation exchange [18]. The adsorption of organic dyes using clay
has been shown to be a cost-effective approach for the purification of wastewater [13,16].
Many researchers have studied synthetic zeolite, which is promising and relatively inex-
pensive, and is an ideal scavenger of water pollutants such as organic dyes and heavy
metals by means of adsorption and ion exchange. Moreover, zeolite is already used in
several applications due to its surface area and high ion exchange capacity [19–21]. Zeo-
lites are microporous, crystalline hydrated aluminosilicates with symmetrically stacked
A1O4 and SiO4 tetrahedral forms, which result in an open and stable three-dimensional
honeycomb structure with a negative charge within the pores that can be neutralized by
positively charged ions (cations) such as sodium. The structural and chemical formula of
the crystallographic unit cell zeolite with oxides is Mx/n [(SiO2)y (A1O2)x] m H2O. In this
formula, M is exchangeable metal cations, n is the valence of the cation (M), x and y are
the total number of tetrahedra per unit cell, and m is the number of water molecules per
unit cell [22]. Zeolites are distinguished by the mobile actions inside their channels and
cages [23].

Currently, date palm trees are generally found in tropical and subtropical regions
of Saudi Arabia and Asia, and they have been essential for the daily routine of citizens
inhabiting the Arabian Peninsula for the last 7000 years [24]. A normal date palm tree
produces 35 kg of fiber of palm tree (FPT) annually, which is a burnable waste that consists
of dried leaves, spathes, sheaths and petioles [25]. This waste is burned on ranches, causing
ecological contamination and the demise of important soil microorganisms [26]. Due to
their highly lignocellulosic composition and low ash content, date palm tree components
have been intensively assessed recently with respect to their suitability for assembling
enacted carbon at minimal expense [25]. In contrast to commercial activated carbon, the
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activated carbon obtained from date palm trees has prominent textural qualities that
provide it with a notably greater adsorption limit for water remediation purposes [27]. The
important biomass components of fiber of palm tree (FPT) include hemicellulose (18%),
cellulose (46%), ash (10.54%), and lignin (20%) [28]. Moreover, lignocellulosic fibers are
renewable, biodegradable, recyclable, and supportable materials [29]. Therefore, fiber of
palm tree (FPT) can be used as an adsorbent material for wastewater management. In
addition, it has been shown that palm fiber can be altered to fully activate carbon for MB
dye removal [14,30].

Adsorption processes using zeolite and biosorbents such as fiber of palm tree (FPT)
are becoming the most typical and low-cost solution for removing organic pollutants
from wastewater such as effluent bodies polluted by industry [15,23,31]. Thus, this study
is focused on (i) testing the efficiency of zeolite prepared from local Saudi kaolin and
composite with fiber of palm tree (FPT) physical mixing as a sustainable sorbent for
obtaining a more cost-effective material for use as an adsorbent in wastewater treat-
ment for MB dye; (ii) Biosorbent characterization of the prepared biosorbent and finally;
(iii) calculating the adsorption efficiencies of various zeolite–fiber ratios as a function of con-
tact time, adsorption pH, sorbent dosages, and different concentrations. The data that can
be obtained from the kinetic and isotherm models will help to establish the most probable
retention mechanism of MB dye by Zeo-FPT sorbent in the test aqueous solution. Moreover,
the trace spectrophotometric determination of MB dye in a variety of environmental waters
was attempted.

2. Results and Discussion
2.1. Adsorbent Characterization

The prepared biosorbent sample with mixed physical composite (Zeo-FPT) was fully
characterized using different techniques, i.e., XRD, TGA, SEM, and FTIR. The lattice
constant of synthesized zeolite A is illustrated in Table 1. The XRD pattern of the percentage
crystal of the zeolite A structure was used to calculate the intensities of the peaks at
2θ values of 7.18, 10.17, 12.46, 21.68, 24.06, 27.14, 29.97, 34.21, 52.89, and 54.43, which
are presented in Figure 1a. The Scherrer formula was successfully used to calculate the
crystallite size of the zeolite A, which was found to be 254 Å (25.4 nm) [20,22].
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Table 1. Lattice constant of zeolite A.

Sample a b c α β γ Formula

Zeolite A, reference 12.144 12.144 12.144 90 90 90 (Li, Na)2 Al2 Si1.85 O7.7 × H2

Thermogravimetric (TGA) analysis was used to evaluate the mass sample transfor-
mation and thermal stability at different temperatures. The TGA of the Zeo-FPT showed
three phases, as presented in Figure 1b. The first phase appeared at an approximate range
of 100–150 ◦C, accompanied with a loss of weight of 8.9% due to dehydration of water
molecules. The second degradation phase happened around 200–300 ◦C, which may have
been due to the dehydroxylation of the Zeo-FPT [32]. The final phase occurred at a wider
range of 300–600 ◦C and can be attributed to decomposition of the carbonic natural material
in the fiber (lignin) [33]. The percentage decomposition of mass loss was 65.45% at the end
of all thermal phases. This indicates that Zeo-FPT showed an appropriate thermal stability
up to high temperatures.

The SEM images of synthesized pure zeolite A (Zeo.), FPT-AC, Zeo-FPT, and Zeo-
FPT-MB are shown in Figure 2. These images reveal that the surface of zeolite A was
characterized by a rhombohedral crystal (pseudocubic) morphology. FPT-AC and Zeo-FPT
presented irregular aggregates, rough surfaces, porous cavities on the surface and different
particle sizes. There was partial darkness in the blue color after the MB dye was adsorbed
on the pseudocubic crystals of the Zeo-FPT-MB, indicating the irregular and abundant
adsorption of dye on the sorbent surface [18].
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and Zeo-FPT-MB after sorption.

The FTIR spectroscopy results shown in Figure 3 and Table 2 were used to examine the
chemical structures of the Zeo-FPT absorbent before and after the removal of the MB dye.
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In contrast to the spectrum of Zeo, Zeo-FPT exhibited an absorption band intensity that
decreased at 902 cm−1, which may be proof of the validity of the combination of zeolite and
FPT. The adsorption of the MB dye onto Zeo-FPT showed that the spectrum was controlled
by the substitution of a broad band around 1008–902 cm−1, probably due to the MB dye
interacting with the functional groups of Si–O–T (T = Si or Al) present on the Zeo-FPT
surface [34,35].
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Figure 3. FTIR spectra of Zeo, the Zeo-FPT composite, and Zeo-FPT-MB dye after adsorption.

Table 2. FTIR spectroscopy absorption bands of Zeo, FPT, and the Zeo-FPT composite.

Wave Number cm−1 Stretching Bending

518–478
stretching of Zeo-FPT vibrations of the bonds

inside the TO4
(T = Al, Si) tetrahedrons

weak bands of Zeo-FPT bending
vibrations of

O–T–O

670–650

weak bands of symmetric stretching vibration
of the

T–O bonds
(Si–O–Si bending)

1000–952
Zeo and Zeo-FPT, the internal asymmetric

stretching
vibration of Si–O–T (T = Si or Al)

C=C bending; strong
monosubstituted alkene

1000 strong, broad CO–O–CO stretching anhydride

1044 the internal asymmetric stretching vibration of
Si–O–T (T = Si or Al) in zeolite

1500 bending vibration bands of strong
hydroxyl groups
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2.2. Optimization of the Dye Retention by the Established Extractor

The effects of different parameters on Zeo-FPT adsorption efficiency were investi-
gated. The effects of different contact times of 0.5 g of different ratios of fiber (F), zeolite
(Z), and the composite (Zeo-FPT) (0F:1Z, 1F:0Z, 1F:1Z, 1F:2Z, and 2F;1Z) with 25 mL of
10 mg L−1 MB dye solution were combined with different shaking durations (15, 30, 45, 60,
75, 90, 105, and 120 min) at 300 rpm at room temperature. The results shown in Figure 4a
indicate that in the first 15 to 90 min, the removal capacity (Q) of 0F:1Z for the MB dye was
around 0.291 mg g−1, while that of 1F:0Z was 0.356 mg g−1 at 120 min, and the removal
capacity increased to 0.348 mg g−1 for 0F:1Z and 0.368 mg g−1 for 1F:0Z. Therefore, with
increasing contact time, the removal capacity increased, and adsorption reached equilib-
rium. This indicates that there were free adsorbent sites and an intense interaction between
the MB dye and the adsorbent sites involved. The results shown in Figure 4a for 1F:2Z
indicate that there was a gradual decline in the adsorption capacity (Q), which began at
0.4 mg g−1 to 0.3 mg g−1 at 120 min, after which there was an increase, and the final Q
value was 0.402 mg g−1. The results for 2F:1Z show that there was a gradual decline in the
adsorption capacity (Q), which began around 0.35 mg g−1 to 0.2 mg g−1 at 120 min, after
which there was an increase, and the final Q value was 0.358 mg g−1. Moreover, the results
for 1F:1Z show that there was a gradual decline in the adsorption capacity (Q), which began
at 0.47 mg g−1 to 0.36 mg g−1 at 120 min. Hence, an increase in the contact time resulted no
significant change in the removal capacity, which means there was sufficient time for the
adsorbate to adsorb into the layer of the adsorbate. The highest MB dye removal capacity
was displayed by 1F:1Z—0.438 mg g−1 at 40 min. Dosa et al. (2022) [20] investigated the
use of Clinoptilolite, a natural zeolite, in the adsorption of MB dye, and found that the
efficiency of the removal of the MB dye was nearly 96% at 210 min. Thus, the ratio of 1F:1Z
of Zeo-FPT was selected to carry out further investigations of the different factors, such as
the pH of the solution, the MB concentration, and the adsorbent dosage.

The variations in the efficiency of Zeo-FPT in removing MB dye were tested at different
pH levels. The solution was composed of 0.2 g 1F:1Z and 25 mL of 50 mg L−1 MB dye, and
was introduced at pH values of 4, 6, 8, and 10 for 40 min. The results regarding the pH
effect are presented in Figure 4b. The lowest percentage removal was 75.35% at pH 4, and
in a slightly acidic medium, at pH 6, there was a minor increase to 84.48%. Finally, at pH 8
and 10, the activity remained stationary at 86.8%, which represents the highest removal
percentage. The lower adsorption of MB dye in acidic pH solution was probably due to
the fact that, in an acidic pH suspension, the surface may become positively charged, thus
causing H+ ions to effectively compete with MB dye cations for the active sites of Zeo-FPT.
This may cause a decrease in the amount of dye adsorbed [36]. However, the cationic MB
dye at different ranges of pH showed a high percentage removal 84.48%, which makes
the Zeo-FPT a significant sorbent for wastewater remediation. A similar result was found
when removing MB dye from textile wastewater using zeolite-x and kaolin adsorbents; the
removal percentages were 97.77% at pH 4 and 86.86% at pH 6, respectively [6].

The effect of various concentrations of MB dye solution obtained by mixing 0.2 g of
1F:1Z from Zeo–FPT with 25 mL of (5, 20, 30, 40, 50 or 70 mg L−1) for 40 min is shown in
Figure 4c. There was a rapid rise in the adsorption capacity (Q) from 0.07 to 1.12 mg g−1

for the 5 mg L−1 to 50 mg L−1 MB dye concentration. The maximum adsorption capacity
(Q) was 1.26 mg g−1, which was attained by the 70 mg L−1 MB dye concentration; this
was due to the increase in the driving force of the concentration gradient as a result of
the increase in the initial dye concentration. Li et al. (2015) [37] found a similar pattern
when investigating the ability of zeolite synthesized from electrolytic manganese to remove
MB dye from wastewater, showing that the amount of adsorbed MB increased with an
increasing MB dye concentration.
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Figure 4. The effects of different factors on the MB dye removal capacity of Zeo-FPT: (a) contact
time at different ratios of Zeo-FPT; (b) solution concentration of Zeo-FPT (1F:1Z); (c) the removal
percentage at different pH values; and (d) the mass of Zeo-FPT (1F:1Z).

Further evaluations of the effect of Zeo-FPT (1F:1Z) on the MB dye adsorption process
were carried out. The relationship between the sorbent dosages and the percentage removal
was investigated. Figure 4d presents the different masses of Zeo-FPT (0.1, 0.2, 0.3, 0.5, 0.6,
0.7, and 0.8 g) in 25 mL of 10 mg L−1 MB dye solution after 40 min at room temperature.
It was observed that the percentage removal at 0.1 g was 79.3%, followed by a gradual
increase at 0.3 g to 81.4%, and another increase at 0.8 g to stability at 91.2%. The percentage
removal demonstrates an increasing trend with increasing adsorbent dosages. This is
because, at higher Zeo-FPT masses, there was a greater availability of active sites, and they
were surrounded by higher amounts of MB dye-adsorbent molecules [36].

2.3. Sorption Kinetics

The relationship between the concentration of Zeo-FPT (1F:1Z) and adsorption time
was determined using pseudo-first- and pseudo-second-order kinetics. The results in
Figure 5a,b show that the correlation coefficient R2 was 0.748 in the pseudo-first-order
kinetics compared with R2 0.998 in the pseudo-second-order kinetics. The values of the
adsorption kinetics parameters in Table 3 show that the sorption capacity of the pseudo-
second-order model was Qe,calc 0.353 mg g−1 for the Zeo-FPT at equilibrium, which was
estimated to be similar to the experimental data of Qe,exp 0.438 mg g−1. The constant rate of
adsorption K2 was −0.787 (g mg−1 min−1). This indicates that the adsorption rate-limiting
step followed the pseudo-second-order kinetics model, and the adsorption rate of Zeo-FPT
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was dependent on the MB dye concentration. The capability of the synthesized zeolite
4A adsorbent from Ethiopian kaolin was investigated regarding the removal of MB dye.
The data fit best to pseudo-second-order kinetics [13]. Alhogbi et al. (2021) [30] studied
activated carbon (AC) from palm tree fiber (PTF) waste for the removal of Congo red
(CR), an anionic dye, and Rhodamine B (RhB), a cationic dye, from wastewater; the results
show that the adsorption mechanism followed a pseudo-second-order model. Huang et al.
(2019) [38] studied the removal efficiency of MB dye onto modified zeolite via magnetic
graphene oxide (Cu-Z-GO-M) composites using two ratios (1:2 and 1:1), and found that the
adsorption behavior followed pseudo-second-order kinetics.
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Figure 5. Adsorption kinetics: (a) pseudo-first-order model and (b) pseudo-second-order model for
the removal of MB using Zeo-FPT.

Table 3. Adsorption kinetics parameters calculated for the pseudo-first- and pseudo-second-order
kinetics for the removal of MB using Zeo-FPT.

Pseudo-First-Order Pseudo-Second-Order

Qe,calc (mg g−1) 0.220
Qe,calc (mg g−1)
Qe,exp (mg g−1)

0.353
0.438

R2 0.748 R2 0.998

K1 (min−1) 0.016 K2 (g mg−1 min−1) 0.787

2.4. Adsorption Isotherm

The adsorption isotherm shows the correlation between the adsorbate adsorbed by
the adsorbent (Qe) and that remaining in solution after reaching equilibrium (Ce). The
adsorption isotherm models are shown in Figure 6a–c; the value of the correlation coefficient
of R2 in the Langmuir model was 0.547. The adsorption mechanism followed the Freundlich
model with a correlation coefficient of R2 0.969 (linear); this indicates that the MB dye was
adsorbed in multiple layers and was heterogeneous on the surface of Zeo-FPT (1F:1Z).
Based on the results presented in Table 4, 1/n = 0.88, which indicates that the sorption was in
favorable [38]. The data applied to the Temkin isotherm model indicate that the adsorption
of MB dye onto Zeo-FPT (1F:1Z) was inferior, with the R2 of 0.732 and the adsorption heat
of 9.36 kJ mol−1. Domingues et al. (2020) [27] studied the use of Zygia cauliflora seeds for
water purification, and found that the adsorption mechanism was best described by the
Freundlich isotherm model.
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Figure 6. Adsorption isotherms (Langmuir model (a) Freundlich model (b) and Temkin model
(c)) for removal of MB dye using Zeo-FPT.

Table 4. Adsorption isotherm parameters calculated for the removal of MB using Zeo-FPT.

Isotherm Model Parameter Value

Langmuir

Qmax (mg g−1) 27.933

KL (L mg−1) 4.533 × 10−3

R2 0.547

Freundlich

Kf (mg1−1/n L1/n g−1) 0.163

1/n 0.884

R2 0.969

Temkin

KT (L g−1) 1.57

R2 0.732

B (kJ mol−1) 9.36

Table 5 contains a list of results from recent research conducted on the removal of
MB dye from wastewater using natural solid sorbents. Each study had a different method
of eliminating MB dye from the aqueous solution. However, in this study, the removal
capacity of MB dye onto Zeo-FPT (Qe,exp 0.438 mg g−1) at 25 ◦C within 40 min proved that
Zeo-FPT (1F:1Z) has potential for use in the removal of MB dye from an aqueous solution
with minimal time and an adequate removal capacity.
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Table 5. A comparison between the sorption characteristics of the established Zeo-FPT (1:1) biosorbent
and some other biosorbents used for MB dye removal.

Biosorbent Qmax
mgg−1

Adsorption Time
(min)

Kinetic/Isotherm
Models Reference

Zeolite modified by magnetic graphene
oxide (Cu-Z-GO-M) (1:1) 99.2 600 (PSO)/(FRH) [38]

Sugarcane waste-activated carbon modified
with natural zeolite (AC500/NZ) 51 - (PSO)/(TMK) [21]

Zeolite 4A from Ethiopian kaolin 44.35 179.82 (PSO)/(LNR) [13]
Zeolite-X from Ethiopian kaolin 0.61 180 (PSO)/(FRH) [6]

Clove leaves activated with sodium
hydroxide (CL-NaOH) 9.80 60 (PSO)/(LNR) [39]

Rice straw biochars 131.58 - (PSO)/(LNR) [40]
(Zeo-FPT) (1:1) biosorbent 0.438 40 (PSO)/(FRH) this study

Freundlich (FRH), Langmuir (LNR), Temkin (TMK), pseudo-first-order (PFO) and pseudo-second-order (PSO) models.

2.5. Environmental Samples

Different environmental samples such as tap water, well water, and bottled water were
collected to study the efficiency of the Zeo-FPT (1F:1Z) composite. Environmental sampling
was performed to establish whether different sources of water could be purified to the
maximum extent through adsorption by Zeo-FPT. The results are shown in Table 6. The
removal percentages of tap water, well water, and bottled water were 99.04%, 99.38%, and
97.86%, respectively. The adsorption capacities (Q) of tap water, well water, and bottled water
were 1.238 mg g−1, 1.242 mg g−1, and 1.22 mg g−1, respectively. The obtained results are
outstanding; they show a high removal percentage and removal capacity of MB dye from tap
water, bottled water, and well water. This confirms that Zeo-FPT has high potential utility as a
solid adsorbent for the removal of MB dye from environmental water samples.

Table 6. The removal percentage and adsorption capacity at fixed parameters for environmental samples.

Water
Time m

(g)
C

(mg L−1)
V
(L) %

Q
(mg g−1)min

Tap 70 0.2 10 0.025 99.040 1.238

Well 70 0.2 10 0.025 99.382 1.242

Bottle 70 0.2 10 0.025 97.856 1.223

3. Experimental
3.1. Chemicals and Materials

The two main raw materials used in this investigation, i.e., kaolin clay and fiber
of palm tree (FPT), were supplied from the northern part of Saudi Arabia by the Saudi
Geological Survey, and the FPT was collected from Jeddah city, in the Western Region
of Saudi Arabia. The MB dye chosen as the target compound has the molecular formula
C16H18ClN3S and a molecular weight of 319.09 g mol−1. A high purity methylene blue
dye (Sigma–Aldrich, Darmstadt, Germany) was used, and sodium hydroxide (NaOH,
Riedel-deHaen Laboratories Supplies, Wycombe, UK) was used to control the pH.

3.2. Instrumentation

The synthesized samples of zeolite (Z), fiber of palm tree active carbon (FPT-AC)
and composite (Zeo-FPT) before and after adsorption of MB dye were evaluated and
characterized based on their morphology and phase analysis. The crystalline stage and
crystallite size of the zeolite (Z) sample were examined by X-ray powder diffraction (XRD)
on a Rigaku XRD system with a RINT 2000 broad-angle goniometer with a power of
40 kV × 30 mA and Cu Kα radiation (λ = 0.15478 nm). The 2θ intensity information
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was determined at temperatures ranging from 10 to 80 ◦C. The thermal stability of the
developed materials was analyzed using the thermogravimetric analyzer (TGA) under a N2
atmosphere at 10–1000 ◦C. A scanning electron microscope (SEM) is an essential apparatus
for characterizing mesoporous and microporous molecular sieve elements. The obtained
micrographs show the particle morphology of the synthesized materials and the presence
of any amorphous stages in the selected samples [16]. The samples were analyzed using a
field emission JEOL JSM-7600F SEM. The composition of solids and liquids was revealed by
Fourier transform infrared spectroscopy (FTIR). Briefly, FTIR analysis evaluates a sample’s
absorption of infrared light at various wavelengths to ascertain the material’s molecular
composition and structure by exposing it to infrared (IR) radiation.

3.3. Preparation of the Biosorbent

Zeolite A was prepared from Saudi kaolin using the hydrothermal treatment method
mentioned in [31,41]. A certain amount of Saudi kaolin was calcinated at 600 ◦C for 4 h,
then left in an oven for 24 h. Calcined kaolin was mixed with NaOH dissolved in distilled
water, stirred, and left at room temperature for 24 h. The synthesized zeolite was kept in
a water bath for 6 h at 60 ◦C, after which it was filtered and washed with distilled water
until the pH reached 7–8, then left to completely dry [41]. The fiber of palm tree (FPT) was
washed several times with distilled water to remove surface impurities and dust, and was
left to completely dry at room temperature, then was ground and sifted. The carbonized
fiber was placed in a muffle furnace at 400 ◦C for a duration of 120 min using a porcelain
crucible with lid to lower oxygen release, as shown in Scheme 1a.
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Scheme 1. Schematic illustrations of the required steps for the production of the biosorbent Zeo-FPT
(a) and batch experiment (b).

3.4. Recommended Batch Experiments

The batch experiment shown in Scheme 1b was used to investigate the adsorption per-
formance of prepared samples with different ratios of a fiber (F) and zeolite (Z) composite
(Zeo-FPT) (0F:1Z, 1F:0Z, 1F:1Z, 1F:2Z and 2F;1Z). The effect of contact time was determined
with 25 mL of 10 mg L−1 MB dye solution added to 0.5 g of sorbent and shaken for different
periods of time (15, 30, 45, 60, 75, 90, 105, and 120 min) at 300 rpm at room temperature.
Then, the samples were filtered using No. 2 Whatman filter paper. The filtered samples
were analyzed to determine the MB dye concentration using UV–vis spectrophotometry at
a maximum absorbance of λmax = 664 nm to study the efficiency of the Zeo-FPT composite
as a sorbent material based on different factors, such as the effect of the solution’s pH
(4, 6, 8, and 10), different MB dye concentrations (5, 20, 30, 40, 50, 70, and 100 mg L−1),
and different sorbent dosages (0.1, 0.2, 0.3, 0.5, 0.6, 0.7, and 0.8 g). It is important to note
that the homogeneity and stability of the composite derived from the physical mixing of
Zeo-FPT under investigation were demonstrated by the fact that all the experimental data
reported are based on the average of three replicates and had an error of less than 5%.
The percentage removal (%) and the adsorption capacity (Q) of MB dye retention on the
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Zeo-FPT sorbent from the aqueous solution were calculated by employing equations that
have been applied in previous publications [30].

3.5. Sorption Kinetic Study

In the treatment of aqueous effluents, adsorption kinetic studies are crucial because
they provide useful information about the adsorption process mechanism. Many kinetic
models have been developed to determine fundamental kinetic adsorption constants. The
pseudo-first- and second-order models are the most used kinetic models for describing the
adsorption process based on chemical reaction kinetics. In this study, the Zeo-FPT had the
capacity to adsorb MB dye and was soluble in water [42].

3.5.1. The Pseudo-First-Order Model

The linear form of the pseudo-first-order model is given by Equation (1):

log (Qe − Qt) = log Qe −
k1

2.303
t (1)

where Qe is the adsorption capacity at equilibrium (mg g−1), Qt is the amount of adsorbate
adsorbed at time t (mg g−1), k1 is the pseudo-first-order rate constant (min−1), and t is the
contact time (min). The values of the adsorption rate constant k1, equilibrium adsorption
capacity, and the correlation coefficient R2 were determined from the plot of log (Qe − Qt)
versus t at different concentrations.

3.5.2. The Pseudo-Second-Order Model

The linearized form of the second-order kinetic model to calculate the k2 where the
pseudo-second-order rate constant (g mg−1 min−1) is from the given Equation (2):

t
Qt

=
1

k2Q2
e
+

1
Qe

t (2)

3.6. Adsorption Isotherm Model

The adsorption isotherm, at a constant temperature, provides useful data on the
mechanism and surface properties of the adsorbate to adsorbed by the adsorbent and that
remaining in solution after reaching equilibrium. Several equations can be used to describe
the adsorbate’s adsorption equilibrium on an adsorbent; the most well known are the
Langmuir and Freundlich isotherm models [43].

3.6.1. Langmuir Isotherm Model

The Langmuir isotherm model is generally useful under the following conditions:

• An adsorbate monolayer is created on the adsorbent surface when it becomes saturated;
• Adsorbates are adsorbed at a specified number of sites;
• All sites are energetically equivalent;
• All sites hold one adsorbate species;
• No interactions occur between the species of the adsorbate.

The Langmuir model is given by Equation (3):

Ce

Qe
=

1
KlQm

+

(
1

Qm

)
Ce (3)

In this equation, Ce represents the supernatant concentration of the adsorbate (mg L−1).
Kl represents the equilibrium Langmuir constant associated with the affinity of the binding
sites (L mg−1), and Qmax represents the maximum capacity of adsorption (mg g−1). While
applying the linearized Langmuir equation by plotting Ce/Qe against Ce, Qmax and Kl were
obtained from the slope and the intercept, respectively.
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3.6.2. Freundlich Isotherm Model

The Freundlich isotherm model presents an exponential form which assumes that an
adsorbate concentration on the surface of the adsorbent increases as the concentration of the
adsorbate increases. Therefore, an infinite amount of adsorption can take place when using
this model. The model also states that adsorption can occur through several heterogeneous
layers. The Freundlich isotherm model is expressed by Equation (4):

log Qe =

(
1
n

)
log Ce + log KF (4)

where KF represents the constant of the Freundlich equilibrium (mg g−1(mg L−1)−1/n) while
1/n represents the Freundlich indicator (dimensionless), where sorption is irreversible if
1/n = 0, sorption is unfavorable if 1/n > 1, and sorption is favorable if (0 < 1/n < 1) [34].

3.6.3. Temkin Isotherm Model

The Temkin model presumes that the adsorbate and adsorbent interaction causes the
heat of the adsorption of analytes in the surface layer to decrease linearly with increasing
surface coverage. The Timken isotherm model can be applied via Equations (5) and (6):

Qe =
RT
b

LnKT +
RT
b

lnCe (5)

B =
RT
b

(6)

Where KT corresponds to the Temkin isotherm constant (L g−1), R is the gas constant,
and b is the Temkin constant given by plotting Qe vs. ln Ce attained from the slope and KT
from the intercept. B is a constant associated with the heat of analyte retention (kJ mol−1).

3.7. Study of Environmental Samples

Environmental water samples (tap water, bottled water, and well water) were filtered
to remove impurities. A spiked solution was prepared with 10 mL of 10 mg L−1 MB dye
solution added to 90 mL of each of the three water samples (tap water, well water, and
bottled water). The adsorption was studied for optimum parameters with 0.2 g of (1F:1Z)
Zeo-FPT added to 25 mL of the spiked 10 mg L−1 MB dye solution at pH 8, with a reaction
time of 70 min at room temperature. The samples were filtered using No. 2 Whatman filter
paper and analyzed using a UV–vis spectrophotometer.

4. Conclusions

In conclusion, fiber of palm tree (FPT) and Saudi kaolin waste were successfully used
as starting materials for the preparation of effective solid composites of zeolite and FPT
(Zeo-FPT) in a diverse ratio. The newly created (Zeo-FPT) composite exhibited a remarkable
efficiency for the removal of MB dye from aqueous solutions. The synthesized zeolite A was
characterized as having a shape of rhombohedral crystal, and the MB dye was adsorbed
on the surface of Zeo-FPT. The results show that the percentage removal of MB dye in an
equal (1F:1Z) ratio of Zeo-FPT was 84.99%, and the removal capacity was 0.438 mg g−1

after 40 min at pH 8, with a sorbent mass of 0.5 g and a concentration of 10 mg L−1, which
are the optimal parameters. The results demonstrate that the kinetics models adsorption
mechanism was described well by a pseudo-second-order model with R2 0.998, and the
obtained value of the sorption capacity (Qe,calc 0.353 mg g−1) was in agreement with the
experimental capacity (Qe,exp 0.438 mg g−1). The adsorption isotherm strongly agreed with
that of the Freundlich model, while the R2 was 0.969, verifying that the adsorption process
was heterogeneous, with multiple layers adsorbed onto the surface of the Zeo-FPT. The
data of the environmental water samples indicate that Zeo-FPT has great potential utility
as an adsorbent for removing MB dye. We conclude that the combination of low cost and
easy synthesis using natural raw materials makes Zeo-FPT an attractive adsorbent—as
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well as being environmentally friendly and cost-effective—for the removal of MB dyes
from wastewater. This study suggests encourages further investigations into the possibility
of using a low-cost sorbent, such as kaolin, and fiber of palm tree in the preparation of
sorbents, and enhances the economic utility of these prepared materials.
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Abstract: Aminated lignin (AL) was obtained by modifying technical lignin (TL) with the Mannich
reaction, and aminated lignin-based titanate nanotubes (AL-TiNTs) were successfully prepared based
on the AL by a facile hydrothermal synthesis method. The characterization of AL-TiNTs showed that
a Ti–O bond was introduced into the AL, and the layered and nanotubular structure was formed in
the fabrication of the nanotubes. Results showed that the specific surface area increased significantly
from 5.9 m2/g (TL) to 188.51 m2/g (AL-TiNTs), indicating the successful modification of TL. The AL-
TiNTs quickly adsorbed 86.22% of Cr(VI) in 10 min, with 99.80% removal efficiency after equilibration.
Under visible light, AL-TiNTs adsorbed and reduced Cr(VI) in one step, the Cr(III) production rate
was 29.76%, and the amount of total chromium (Cr) removal by AL-TiNTs was 90.0 mg/g. AL-
TiNTs showed excellent adsorption capacities of Zn2+ (63.78 mg/g), Cd2+ (59.20 mg/g), and Cu2+

(66.35 mg/g). After four cycles, the adsorption capacity of AL-TiNTs still exceeded 40 mg/g. AL-
TiNTs showed a high Cr(VI) removal efficiency of 95.86% in simulated wastewater, suggesting a
promising practical application in heavy metal removal from wastewater.

Keywords: lignin; nanotubes; adsorption; photocatalysis; Cr(VI)

1. Introduction

Water pollution with heavy metals is commonly more sustainable than organic pol-
lution such as pesticides and dyes, and severe heavy metal pollution could result in
devastating effects on humans [1,2]. Particularly, in industrial processes such as metallurgy,
galvanization, and tannery, chromium (Cr) is widely used [3,4]. Generally, there are two
stable forms of Cr: Cr(III) and Cr(VI) [5]. The high toxicity, carcinogenicity, extreme sol-
ubility, and high mobility of Cr(VI), compared to Cr(III), make soil and water pollution
treatment extremely difficult [6]. Generally, treatment methods for Cr(VI) pollution include
biological reduction, chemical reduction, adsorption, photocatalysis, and electrochemical
technologies [7,8]. Among them, adsorption is regarded as a high-performance, low-cost,
and green technology in practice [9,10].

Recently, nanotube-based materials have attracted extensive attention as efficient
heavy metal adsorption materials [11,12]. For example, a carbon nanotube (CNT)-doped
hydrotalcite-hydroxyapatite (HT-HAp) material was prepared to adsorb Cr(VI) from tan-
nery wastewater. Under the action of ion exchange and electrostatic attraction, 76.97% of
Cr(VI) was adsorbed by HT-HAp [13]. Guo et al. loaded zirconium oxide (ZrO2) onto
halloysite nanotubes (ZrO2/HNTs) to enhance the average pore size and specific surface
area of halloysite nanotubes (HNTs), which resulted in an improved adsorption perfor-
mance of HNTs on As(III) (36.08 mg/g) [14]. The surface of the synthesized magnetic
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nanoparticles-phosphate-titanium nanotubes (MNP-PN-TNT) possessed rich hydroxyl
groups, which gave MNP-PN-TNT a removal performance of 35 mg/g of Cr(VI) by ion
exchange under acidic conditions [15]. Although these nanotube materials exhibited a
certain amount of heavy metal adsorption capacity, the high preparation costs significantly
hindered their applications [16]. Consequently, it is urgent to develop a cheap and effective
method to prepare nanotube materials to remove heavy metals from wastewater [17].

Lignin, as the second most naturally occurring amorphous aromatic molecular poly-
mer in nature after cellulose, is regarded as a key component of the lignocellulosic
biomass [18,19]. Technical lignin (TL) is mainly derived from by-products of the paper
and pulp industry, and the annual amount of TL produced is estimated to be 225 million
tons by 2030 [20]. However, only 5% of TL is utilized at a high-value level, and a large
amount of TL is burned as low-value fuel or disposed of as waste [21]. Low utilization
is still a challenge for TL [22]. To increase the TL utilization efficiency, chitin was intro-
duced to lignin to prepare chitin/lignin hybrid material for heavy metal removal. It was
found that chitin/lignin exhibited superb adsorption capacity of Cu2+ (75.70 mg/g), Zn2+

(82.41 mg/g), Ni2+ (70.41 mg/g), and Pb2+ (91.74 mg/g), which was probably attributed
to the abundant functional groups of chitin and lignin, such as phenols, hydroxyl, car-
boxyl, and ethers [23]. In addition, with functional groups and a three-dimensional
structure, lignin-based carbon nanotubes (L-CNTs) were prepared by introducing lignin
into the carbon nanotubes, which exhibited excellent adsorption performance of L-CNTs
for Pb2+ (235 mg/g) and the advantages of strong water dispersion and environmental
friendliness [24]. The results indicate that lignin is an effective material in heavy metal
removal and has a high potential in water pollution treatment.

However, poor water solubility and low surface area remain a challenge for lignin
utilization [25,26]. Structural modifications of lignin were reported to enhance the proper-
ties of lignin [27]. The main methods for lignin modification are acid hydrolysis, sulfonation,
ionic liquid modification, alkylation, steam activation, carboxylation, ball milling, amina-
tion, etc. [19,28]. Amination is a prospective method because the amine groups introduced
into the lignin ionize and generate a positive charge under acidic conditions. The Mannich
reaction for lignin modification is an excellent method because the aminated product is
highly dispersed, which improves the lignin adsorption capacity for heavy metals by four
to five times [29,30].

To our knowledge, titanate nanotubes have been extensively studied as semiconductor
materials with high specific surface area and reusable properties [31]. However, studies
combining the lignin-rich functional groups with the tubular structure of titanate nan-
otubes to effectively remove Cr(VI) have not been reported. In this study, TL was modified
by activation using the Mannich reaction to improve its disadvantages of easy agglom-
eration and low adsorption capacity. AL-TiNTs were successfully prepared by a simple
hydrothermal method for the first time (Scheme 1). The purpose of this study was to explore
(1) the physicochemical properties of AL-TiNTs; (2) the adsorption performance of AL-
TiNTs under different conditions; (3) the reduction performance of AL-TiNTs on Cr(VI) in
the photocatalytic process; (4) the selectivity of AL-TiNT adsorption in mixed solutions
and the wide absorbability on other heavy metal ions; and (5) the removal mechanism of
AL-TiNTs for Cr(VI) and the regenerative properties of AL-TiNTs.
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2. Results and Discussion
2.1. Characterization of AL-TiNTs
2.1.1. SEM

In Figure 1, the SEM images of TL, AL, and AL-TiNTs are shown. When the magnifica-
tion was 5 kx, the pure TL particles were aggregated into a blocky structure (Figure 1a), the
modified AL exhibited a more compact structure with some pores formed by depressions
on the surface (Figure 1b), and the AL-TiNTs presented a fluffy structure with an irregular
spherical shape formed by the surface projections and more pores (Figure 1c). When the
magnification reached 50 kx, the TL surface was smooth with fewer pores (Figure 1d),
while the AL surface was rough and presented a few pores (Figure 1e). On the one hand,
this could be due to the modified amino grafting on the pure TL, which changed its sur-
face structure [32]; on the other hand, the washing and freeze-drying process might leave
pores [30]. In particular, the AL-TiNTs presented a randomly entangled nanotube-like
structure, along with a nanotube cross-shaped porous network structure (Figure 1f), which
was related to the Ti–O–Ti bond breaking and the formation of sodium titanate during
the hydrothermal process [33]. Results indicated that the hydrothermal and modification
synthesis of AL-TiNTs not only improved the disadvantages of lignin which was prone
to agglomeration but also formed the nanotubular structure, which greatly improved the
specific surface area of AL-TiNTs and thus promoted the adsorption and photocatalytic
reduction properties of AL-TiNTs [34].
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2.1.2. EDS

The EDS mapping of the AL-TiNTs is presented in Figure 2. The presence of the
element N in Figure 2c was evidence of the presence of the amino group. The high degree
of overlap between the Ti (Figure 2a) and O (Figure 2d) elements indicated the possible
presence of Ti-O bonds in the AL-TiNTs, and it was assumed that the synthesis of Na2Ti3O7
took place. Meanwhile, the dense distribution of Ti (Figure 2a), C (Figure 2b), and N
(Figure 2c) elements proved the involvement of AL in the dispersion of titanate nanotubes,
further proving the successful synthesis of AL-TiNTs.
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2.1.3. BET

Figure 3a presents a type II isotherm of a very small H3 hysteresis loop, which was
in accordance with the previously reported conclusion that lignin is predominantly a
microporous structure and has less content of mesoporous structure [35]. Compared to
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the TL, although AL presented a relatively large H3 hysteresis loop (Figure S1), it was
still a type II isotherm, suggesting that the amination modification was not significant in
affecting the lignin pore structure and that the microporous structure was still predominant
in AL. Conversely, Figure 3b presents the typical appearance of type IV isotherms and
H3 hysteresis loops, showing their mesoporous structures with diameters of 2–50 nm [36].
The PSD curves calculated by the BJH method are depicted in the insets of Figure 3a,b.
Compared to Figure 3a, the PSD curves in Figure 3b exhibit dramatic peaks, and the pore
diameter at 3–4 nm corresponds to the pores contained within the AL-TiNT tubes [5]. The
9–12 nm corresponds to spaces between the aggregated tubes of AL-TiNTs, which was in
accordance with the SEM characterization results [37]. The BET results for TL, AL, and
AL-TiNTs are presented in Table S1. Compared to TL (5.9037 m2/g) and AL (6.7762 m2/g),
the AL-TiNTs offered a larger specific surface area (188.51 m2/g), owing to the special
tubular structure and resulting in a higher adsorption capacity [16].
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2.1.4. XRD

The composites prepared with different AL to nano-TiO2 ratios displayed similar
XRD patterns (Figure 3c). The AL-TiNTs synthesized in different ratios presented charac-
teristic peaks with diffraction angles of 48◦, 28◦, and 24.5◦, which were the characteristic
peaks of titanate nanotubes and belonged to the (020), (211), and (110) planes of TiNTs,
respectively [38]. The characteristic peak at 10◦ corresponded to one of the (001) crystal
planes of Na2Ti3O7 [39], and the peaks at 48◦, 28◦, and 24.5◦ indicated that the composite
contains sodium titanate compounds and hydrogen titanate compounds [39]. The broad
peak at 10◦ corresponded to a layer spacing of approximately 0.7–0.85 nm between layers
of titanate [40]. In addition, the lack of anatase diffraction peaks demonstrated that all of
the TiO2 was converted to titanate nanotubes [41].

2.1.5. FT-IR

It was obvious that the absorption peaks of modified lignin were weakened, which
was because of the involvement of the O–H bond during the Mannich reaction, resulting
in the reduction of the O–H group (Figure 3d). However, following the synthesis of the
AL-TiNTs, the increased absorption peak at 3415 cm−1 suggested the formation of a new
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O–H group, which could be the stretching vibration of O–H in the Ti–OH bond on the
nanotubes [2]. High peaks at 2849 and 2937 cm−1 occurred due to the aromatic methoxy
C–H vibration. Aromatic skeletal vibrational peaks at 1422, 1461, 1511, and 1600 cm−1

were found in TL, AL, and AL-TiNT fractions, which were typical peaks of lignin [42,43].
The C–N vibrational peak at 1048 cm−1 and the N–H in-plane bending vibrational peak at
1640 cm−1 were found in the AL and AL-TiNTs, which indicated the successful introduction
of amino groups on lignin [44]. Meanwhile, the O–Ti and Ti–O–Ti bond at 467 cm−1 was
found in AL-TiNTs [45], indicating the successful synthesis of sodium titanate Na2Ti3O7,
which was in accordance with the SEM and XRD analyses [46].

2.2. Adsorption
2.2.1. Mass Ratios of AL/Nano-TiO2

The AL/nano-TiO2 mass ratio played a remarkable influence on Cr(VI) removal when
the AL/nano-TiO2 ratios were set as 0.25, 0.5, 1, and 2. Pure AL and nano-TiO2 were
also considered (Figure 4a). When the AL/nano-TiO2 mass ratio was 0.25, only 78.14% of
Cr (VI) was removed. As the AL/nano-TiO2 mass ratio improved, the content of amino
functional groups gradually increased, more adsorption active sites were exposed, and the
removal efficiency increased gradually. When the mass ratio of AL/nano-TiO2 was 1:1, the
removal efficiency could reach 99.80%, which was found to be the optimum mass ratio of
AL/nano-TiO2.
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0.05 g; pH = 2; temperature: 25 ◦C).

2.2.2. pH

Cr(VI) existed in three main forms in aqueous solution, mainly in CrO4
2− at pH > 6.0

and in H2CrO4 and HCrO4
− at pH < 6.0 [47]. It was found that the acidic environments

were beneficial in improving the AL-TiNT adsorption capacity (Figure 4b). AL-TiNTs
showed a clear downward trend of the Cr(VI) removal efficiency as the pH increased.
When the solution became neutral, the removal efficiency increased slightly. Results
indicated that under strongly acidic conditions, the AL-TiNTs exhibited better adsorption
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performance and could remove 99.80% of Cr(VI) at pH 2. The reactions during adsorption
were as follows [48]:

−NH+
3 + HCrO−

4 
 −NH+
3 HCrO−

4 (1)

2 − NH+
3 + CrO2−

4 

(
−NH+

3
)

2CrO2−
4 (2)

2 − NH+
3 + Cr2O2−

7 

(
−NH+

3
)

2Cr2O2−
7 (3)

2.2.3. AL-TiNT Dosage

Figure 4c exhibits the effect of the AL-TiNT dosage (0.01, 0.02, 0.03, 0.05, 0.07, and
0.10 g) on the adsorption performance. When the adding amount of AL-TiNTs increased,
the Cr(VI) removal efficiency gradually increased, while the AL-TiNT adsorption capacity
decreased. There was a slope of the removal efficiency curve that tended to slow down
between 0.02 and 0.10 g and a 100% removal of Cr(VI) by AL-TiNTs at 0.10 g. In contrast,
the adsorption capacity of AL-TiNTs at the lower dosing of 0.01 g reached 70.87 mg/g,
which was higher than the adsorption capacity of 0.1 g AL-TiNTs. The AL-TiNT adsorption
capacity decreased sharply with increasing the dosage of AL-TiNTs from 0.01 to 0.03 g.
This could be explained as follows: as the amount of the AL-TiNTs increased, the AL-
TiNTs were exposed to more adsorption sites, resulting in more Cr(VI) being adsorbed on
AL-TiNTs [49]. Therefore, the optimum dosage of AL-TiNTs was 0.05 g based on the
removal efficiency and cost.

2.2.4. Temperature

The highest Cr(VI) removal efficiency was found to be 100% at 35 ◦C, while it was only
96.51% at 20 ◦C (Figure S2). The performance of AL-TiNTs in removing Cr(VI) decreased
with decreasing temperatures, which may be due to the decreased vibrational frequency of
Cr(VI) at lower temperature [50].

2.2.5. Cr(VI) Concentration

Figure 4d presents the effect of the initial Cr(VI) concentration (C0). As the results
indicated, with the increase in C0, the removal efficiency declined. The equilibrium re-
moval efficiency of AL-TiNTs for Cr(VI) was 85.72% at the C0 of 150 mg/L, which was
comparatively lower. However, the AL-TiNT adsorption capacity was relatively higher
reaching 77.15 mg/g. This could be explained by that when the dosage of AL-TiNTs was
constant, the total number of active adsorption sites was also limited. At the lower Cr(VI)
concentrations, the AL-TiNTs displayed a relatively greater number of adsorption sites
where Cr(VI) could be adsorbed more efficiently. Adsorption sites of AL-TiNTs were con-
tinuously occupied with the increasing amount of pollutant, and thus, the excess amount
of Cr(VI) could not be adsorbed.

2.3. Photodegradation Study

The photodegradation of the AL-TiNTs was investigated under light (Figure 5a,b). At
low Cr(VI) concentration (50 mg/L), the AL-TiNTs were able to adsorb almost 100% of
Cr(VI). Therefore, to study the reductive efficiency of AL-TiNTs under visible light, Cr(VI)
concentration with 150 mg/L was used. The removal efficiency of Cr(VI) by the AL-TiNTs
of AL/nano-TiO2 ratios of 1:1 and 2:1 could reach 90.48% and 94.48% after the adsorption
and photocatalytic reaction, respectively (Figure 5a). However, the AL-TiNT materials with
the AL/nano-TiO2 mass ratio of 1:1 achieved a conversion of Cr(III) of up to 29.76% at
40 min under light exposure (Figure 5b). Therefore, the reduction of Cr(VI) provided more
evidence of the better performance of AL-TiNTs with the AL/nano-TiO2 ratio of 1:1. The
reason for the existence of low amounts of Cr(III) before the photocatalytic reaction was
that under strongly acidic conditions, a high concentration of Cr(VI) could react with some
hydrochloric acid to produce low amounts of Cr(III) (Figure 5b). After the photocatalysis,
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the Cr(III) concentration gradually increased. The Cr(III) in solution might have entered
the titanate nanotubes and limited the complexation of electrons and holes, increasing the
AL-TiNT photocatalytic activity and leading to a higher rate of Cr(III) production [35]. At
40 min, the production rate of Cr(III) decreased because of the photocatalysis, which could
result from the gradual photocatalysis equilibrium at this time, and more Cr(III) could be
adsorbed by the AL-TiNTs [51]. Finally, the removal amount of AL-TiNTs for total Cr was
90.00 mg/g. The reduction of AL-TiNTs for Cr(VI) following photoelectron production is
displayed in Text S1 [52].
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Figure 5. The effect of photocatalysis and co-existing anions on the performance of AL-TiNTs:
(a) variation of Cr(VI); (b) variation of Cr(III) and total Cr; (c) cations; and (d) anions of different ionic
strengths (AL-TiNTs: 0.05 g; pH = 2; temperature: 25 ◦C; xenon lamp current: 8.5 A).

The effects of different light intensities on AL-TiNTs were investigated by varying the
current of the xenon lamp light source to regulate the light intensity (Figures S3 and S4).
When the operating current was 5 A, the photocatalytic performance of different AL/nano-
TiO2 mass ratios of AL-TiNTs was poor, among which the photocatalytic reduction of
AL-TiNTs with an AL/nano-TiO2 mass ratio of 2:1 was the worst, which was only 5.54%
(Figure S4a). When the operating current was adjusted to 12 A, the photocatalytic effect
of AL-TiNTs was significantly improved, and the Cr(VI) reduction efficiency of AL-TiNTs
with the AL/nano-TiO2 mass ratio of 1:4 could reach up to 23.53%, which was twice as
much as that of its Cr(VI) reduction efficiency when the current of the xenon lamp source
was 5 A (Figure S4b). It could be seen that light intensity was crucial for the photocatalytic
activity of AL-TiNTs.

2.4. Co-Existing Anions

When the co-existing ion concentrations were 5 and 50 mg/L, the influence of co-
existing ions on Cr(VI) removal can be neglected (Figure S5), indicating that AL-TiNTs were
highly resistant to complex solutions. It was found that Cu2+ and Zn2+ had a positive impact
on the Cr(VI) removal by AL-TiNTs when each of the co-existing cation concentrations was
500 mg/L (Figure 5c). However, the adsorption performance of AL-TiNTs was slightly
inhibited by the high concentration of Ca2+ and Mg2+ (5000 mg/L). On the one hand, this
may be due to the high ion concentration which shielded the electrostatic attraction. On
the other hand, the high concentration of the co-existing cation significantly hindered the
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movement of Cr(VI) to the AL-TiNTs [53]. The six co-existing anions exhibited a slight
influence on the AL-TiNT adsorption performance. However, at the high co-existing anion
concentration of 5000 mg/L, the six anions indicated different degrees of inhibition of the
removal capacity of AL-TiNTs (Figure 5d). This could be explained by a reduction in the
AL-TiNT active sites due to the occupation by an excess amount of anions. In addition,
CO3

2− inhibited Cr(VI) removal by AL-TiNTs, probably because the addition of CO3
2−

could increase the pH of the solution, which was not conducive to the protonation of amino
groups on the AL-TiNTs, and the electrostatic attraction was not liable to occur [29]. The
inhibitory effect of SO4

2− may be attributed to the nature of SO4
2− with its greater charge

and higher radius ratio (z/r) and its stronger interaction with the adsorption site [54].

2.5. Theoretical Study
2.5.1. Adsorption Kinetics

The kinetic studies were performed at different Cr(VI) concentrations at 298 K
(Figures 4d and 6, Text S2). The pseudo-second-order kinetic model (Figure 4d) and
the largest R2 values (0.9991–0.9999) for the kinetic model (Table S2) suggested that the
secondary kinetic model was highly relevant to the Cr(VI) adsorption process. Compared
to other kinetic models (Figure 6a–d), the theoretical equilibrium adsorption capacities of
the proposed secondary kinetic model showed a high degree of similarity to the actual
equilibrium adsorption capacities, demonstrating that the kinetic model exactly described
the adsorption process of the AL-TiNTs [55]. It could be concluded that processes such as
electron transfer and the sharing of active sites between Cr(VI) and the AL-TiNTs occurred
at the microscopic level with chemisorption playing a crucial role. Both the second and
third curves did not pass through the origin of the coordinates in the fitted curves of the
intraparticle diffusion model (Figure 6d), and the fit was poor. This indicated that intra-
particle diffusion would not be the single limiting factor and would not be as dominant as
chemical interactions.
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2.5.2. Adsorption Isotherms

Adsorption was analyzed using four different isotherm models such as Langmuir
(Figure S6a), Freundlich (Figure S6b), Temkin (Figure S6c), and D-R isotherm models
(Figure S6d), and the details are presented in Text S3. The highest R2 value (0.9912–0.9972)
for the Langmuir model in Table 1 suggested that the Langmuir model described the
adsorption processes involved in this study to a considerable extent, suggesting a consistent
adsorption process for single-molecular-layer adsorption [35]. At different temperatures,
the RL < 1 indicated that AL-TiNTs readily adsorb Cr(VI) [27]. The RL value diminished
as the concentration increased, indicating that the adsorption process of AL-TiNTs was
irreversible as Cr(VI) concentration increased, and there are intense interactions between
the AL-TiNTs and the adsorbate molecules Cr(VI) [56]. In the Freundlich isotherm fit
results, 0 < 1/n < 1 indicated that the adsorption process involved in this study was easy to
carry out, which led to the same conclusion as that obtained from the Langmuir isotherm
fit [57]. Furthermore, in the D-R model, the high E value (>8 kJ/mol) indicated that there
was a predominantly chemisorption process for the AL-TiNTs.

Table 1. Fitting results for different sorption isotherm models.

Isotherm Model Parameter
Temperature (K)

293 K 298 K 303 K 308 K

Langmuir
qm (mg/g) 88.97 89.85 88.18 86.13
KL (L/mg) 0.24 0.43 0.61 1.12
R2 0.9923 0.9972 0.9948 0.9912

Freundlich

KF ((mg/g)
(L/mg)1/n) 30.39 37.83 42.65 49.86

1/n 0.30 0.28 0.24 0.21
R2 0.9843 0.9839 0.9905 0.9774

Temkin
KT (L/mol) 3.34 7.41 15.30 49.06
B1 (J/mol) 17.66 16.63 14.82 12.80
R2 0.9856 0.9893 0.9891 0.9731

Dubinin–
Radushkevich

qm (mol/g) 0.0042 0.0041 0.0037 0.0033
KD (mol2/g2) 0.0029 0.0025 0.0020 0.0016
R2 0.9866 0.9879 0.9917 0.9804
E (kJ/mol) 13.09 14.29 15.69 17.68

2.5.3. Thermodynamics

A thermodynamic approach to reveal the orientation and complexity of the reac-
tion process is shown in Figure S7 and Text S4. The consequences are given in Table S3.
A negative value for ∆G0 indicated that the reaction was spontaneous. It was confirmed
by ∆H0 > 0 that the AL-TiNT adsorption process was heat-absorbing. ∆S0 > 0 implied an
improvement in the stoichiometry of the AL-TiNT/solution interface [50].

2.6. Selective Adsorption

The selective adsorption performance of AL-TiNTs on heavy metals was investigated
(Figure 7a). The methods for the analysis of Zn2+, Cd2+, and Cu2+ are presented in Text S5.
Under acidic conditions (pH = 2), AL-TiNTs exhibited excellent adsorption performance for
Cr(VI), while poorer adsorption performance for Zn2+, Cd2+, and Cu2+ was observed. These
results were also found in the binary and quaternary systems. The reason may be that Cr(VI)
appeared in the solution as the negatively charged anions (Cr2O7

2−, CrO4
2−, and HCrO4

−),
which were more easily adsorbed to the protonated amino groups on AL-TiNTs by the
electrostatic attraction. It could be demonstrated that under acidic conditions, titanate
nanotubes (TiNTs) were positively charged, while Zn2+, Cd2+, and Cu2+ were also positively
charged metal ions, which could be electrostatically repelled by AL-TiNTs [58]. Ultimately,
these heavy metal ions could only weakly physically adsorb through the pores of the AL-
TiNTs. The adsorption performance of AL-TiNTs on Zn2+, Cd2+, and Cu2+ under neutral

278



Molecules 2023, 28, 5789

conditions without pH adjustment is displayed in Figure 7b. Interestingly, a significant
improvement in the adsorption capacities of Zn2+ (63.78 mg/g), Cd2+ (59.20 mg/g), and
Cu2+ (66.35 mg/g) by AL-TiNTs was observed. It revealed that under acidic conditions, AL-
TiNTs performed exceptional selective adsorption of Cr(VI), and under neutral conditions,
AL-TiNTs performed broad-spectrum adsorption of heavy metals, which was beneficial to
the wide application of AL-TiNTs in heavy-metal-containing wastewater treatment.
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(e) single system and (f) ternary system (AL-TiNTs: 0.05 g; temperature: 25 ◦C).

AL-TiNTs were added to the solutions containing methylene blue (MB), Congo red
(CR), and rhodamine B (RhB). The selective adsorption performance of AL-TiNTs on dyes
was investigated in the mixed ternary system at different pH conditions, respectively
(Figure 7c,d). The methods for the testing of MB, CR, and RhB are described in Table S4.
Results revealed that under neutral conditions, the adsorption performance of AL-TiNTs
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on dyes was in the order of MB > RhB > CR. Considering that the discoloration range of
CR was 3.5–5.2, the adsorption of AL-TiNTs for CR was further investigated by adjusting
the pH to 5.5 (Figure 7d). There was a remarkable change in the adsorption performance
of AL-TiNTs for CR (69.45 mg/g). However, in the mixed ternary system, AL-TiNTs still
prefer to adsorb MB. Under neutral conditions without pH adjustment, MB exhibited
the most obvious color change from dark blue to light blue, while CR and RhB showed
very little color change in the single system, (Figure 7e). In the mixed ternary system, the
color changed from blue-purple to light pink because of the selective adsorption of MB
(86.86 mg/g) by the AL-TiNTs, and only 41.72 and 9.45 mg/g were found for RhB and
CR, respectively (Figure 7f). The excellent selective adsorption ability of AL-TiNTs for MB
may be explained by the π-π stacking and electrostatic interactions between MB molecules
and the aromatic rings on AL-TiNTs [59,60]. On the contrary, the spatial site resistance
caused by the long side chains of the RhB molecule would inhibit its π-π stacking and
electrostatic attraction with the AL-TiNTs, making it difficult for RhB to be removed by
AL-TiNTs. The low AL-TiNT adsorption capacity for CR was attributed to the fact that both
TiNTs and CR were negatively charged under neutral conditions, which may produce a
strong electrostatic repulsion [61]. The results indicated that AL-TiNTs exhibited strong
selective adsorption of MB in a wide pH range, which was beneficial for the application of
AL-TiNTs in dye-containing wastewater treatment.

2.7. Mechanism Study

Figure 8 explains the removal mechanism of AL-TiNTs for Cr(VI), which involved the
following processes:

(1). The amino group in AL grafted onto titanate nanotubes was protonated and adsorbed
Cr(VI) by electrostatic attraction under acidic conditions;

(2). Under visible light, the AL-TiNTs generated electrons, and the Cr(VI) adsorbed on the
AL-TiNTs was reduced to Cr(III);

(3). The positively charged Cr(III) reached the electronegative surface of the titanate
nanotubes by electrostatic attraction and was eventually absorbed by the titanate
nanotubes through ion exchange with Na+ and H+ between the nanotube layers or
through complexation and co-precipitation [4].
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2.8. Regenerative and Applicative Study

The durability and stability of the material are important indicators for assessing the
performance of the AL-TiNT materials, as well as for evaluating their application prospects.
It was appropriate to use NaOH solution as the desorption reagent for the reasons presented
in Text S6. The effect of desorption solution pH on the desorption efficiency of Cr(VI) was
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explored (Figure S8). The result indicated that the desorption efficiency was essentially
stable at 81.32% when the pH value was greater than 10. Continuing to increase the pH
value, the desorption efficiency was hardly improved. The adsorption capacity of TL and
AL-TiNTs diminished with the number of applications (Figure 9a). On the one hand, the
structure of the AL-TiNTs may have changed after several adsorption–desorption cycles.
On the other hand, the re-obtained AL-TiNTs after the adsorption of Cr(VI) (AL-TiNTs-Cr)
are more stable compared to the original AL-TiNTs, and many active sites may be blocked.
In addition, in the first-time application, the adsorption capacity for Cr(VI) was seven to
eight times higher by AL-TiNTs than that by TL. After four cycles, the adsorption capacity
of AL-TiNTs was 49.50 mg/g, which was much higher than the adsorption capacity of
amino-modified titanate nanotubes TNTs-RNH2 after three cycles (23.9 mg/g) [37]. Under
the condition of the adsorbent undergoing alternating acidic and basic conditions, the
AL-TiNTs still retained excellent stability.
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A comparison of the adsorption capacity of AL-TiNTs and other adsorbents for Cr(VI)
is presented in Table 2. The adsorption capacity of AL-TiNTs after four cycles was still
higher than that of the first-used iron oxide-coated cellulose/hydrotalcite (Fe3O4@CelHT)
(29.00 mg/g) [62], multi-wall carbon nanotube (MWCNT) (11.41 mg/g) [63], mesoporous
carbon nitride (MCN) (48.31 mg/g) [64], and fox nutshell activated carbon (FNAC)
(46.21 mg/g) [65].

Table 2. Comparison of Cr(VI) adsorption capacity of AL-TiNTs with some reported adsorbents.

Adsorbent Qm (mg/g) References

AL-TiNTs 77.15 This study
TNTs-RNH2 69.10 [37]

Fe3O4@CelHT 29.00 [62]
MWCNT 11.41 [63]

MCN 48.31 [64]
FNAC 46.21 [65]

The applicability of AL-TiNTs in different water sources was further investigated
(Figure 9b), and the detailed parameters of the simulated electroplating wastewater are
described in Table S5. After 2.5 h of reaction, the removal efficiencies obtained by AL-
TiNTs for Cr(VI) were 97.81%, 96.97%, and 95.86% in the deionized water, tap water, and
simulated electroplating wastewater, respectively. Although the removal efficiencies were
relatively lower compared to those in ultra-pure water (99.80%), they were all above 95%,
indicating the potential of AL-TiNTs for practical applications.
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3. Materials and Methods
3.1. Materials and Chemicals

The TL used was the same as we mentioned before [53]. TiO2 (99.8%, 40 nm), potas-
sium dichromate (K2Cr2O7), formaldehyde (CH2O), potassium ferricyanide (K3[Fe(CN)6]),
triethylenetetramine (TETA), acetone (C3H6O), and phosphoric acid (H3PO4) were obtained
from Damao Chemical Reagent Co., Ltd. (Tianjin, China). Further material information is
provided in Text S7.

3.2. Preparation of AL-TiNTs
3.2.1. Amination of TL

Amine modification of TL by Mannich reaction [2]: First, 5 g of TL was dissolved in
0.4 mM sodium hydroxide (NaOH) solution (30 mL). Then, 4 mL of TETA and 3.6 mL of
CH2O were added and stirred (500 rpm) for 15 min. After that, the mixture was placed in
water at 75 ◦C for 3 h. The mixed solution was filtered and collected. Then, an excess of
K3[Fe(CN)6] solution was added to the filtrate to allow the modified cationic lignin amine
to precipitate out. To obtain aminated lignin (AL), the product was cleaned with ethanol
and alternating ultra-pure water and freeze-dried for 24 h. The physical pictures of TL and
AL samples are presented in Figure S9a,b.

3.2.2. Synthesis of AL-TiNTs

A total of 1.0 g of nano-titanium dioxide (nano-TiO2) powder was dissolved into 10 M
NaOH solution (50 mL) with magnetic stirring (500 rpm) for 30 min. After that, 1.0 g of AL
was added and stirred magnetically (500 rpm) for 45 min. Then, AL and titanium dioxide
nanoparticles were well dispersed in the NaOH solution. The suspension was transported
to a 100 mL PTFE-lined reactor, and the reaction was performed continuously at 150 ◦C for
24 h [66]. Finally, we filtered the solution and washed the precipitate to pH 7. The product
was freeze-dried for 24 h and named AL-TiNTs. AL-TiNTs with AL/nano-TiO2 mass ratios
of 2:1, 1:2, and 1:4 were obtained by varying the AL and nano-TiO2 addition ratios, with
other steps remaining the same. The physical image of the AL-TiNT sample is shown in
Figure S9c.

3.3. Characterizations

The morphology of TL, AL, and AL-TiNTs was investigated by scanning electron
microscopy (SEM) and energy-dispersive X-ray spectroscopy (EDS) (Czech TESCAN MIRA
LMS). X-ray diffraction (XRD) was obtained with an Ultima IV X-ray diffractometer (Rigaku,
Tokyo, Japan). The Fourier transform infrared spectrometer (FT-IR, Nicolet iS10 spectrome-
ter) and the specific surface area (Micromeritics ASAP 2460 Version 3.01) were performed
by the KBr particle technique and Brunauer–Emmett–Teller (BET) technique, respectively.

3.4. Experimental Design
3.4.1. Adsorption Experiment

A total of 0.05 g of AL-TiNTs was added to the conical flask, which contains Cr(VI)
solution (50 mg/L), and shaken well with a constant temperature shaker (150 rpm). The
pH was adjusted with HCl and NaOH. Using a disposable syringe, the sample solution
was aspirated at a fixed time in 2 mL and filtered. Cr(VI) was measured with UV-Vis
spectrophotometer (UV6100s, MAPADA, Shanghai, China). Details of the parameters
influencing the adsorption performance of AL-TiNTs are described in Text S8.

3.4.2. Photocatalytic Degradation Experiments

Exploring Cr(VI) adsorption by AL-TiNTs through preliminary experiments, the
adsorption–desorption balance was reached at around 40 min. Therefore, 0.05 g AL-
TiNTs were incorporated into Cr(VI) (150 mg/L) solution (30 mL, pH = 2) at 25 ◦C and
agitated magnetically for 40 min; then, the 300 W xenon lamp (wavelength > 420 nm) was
switched on and illuminated continuously for 120 min. Sample solutions were collected at
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various times during the reaction and filtered with a 0.22 µm filter membrane. The total Cr
concentration was detected by inductively coupled plasma mass spectrometry (iCAP6300).
The degradation rate was calculated by

Degradation rate (%) =
(C0 − Ct)

C0
× 100% (4)

where C0 (mg/L) and Ct (mg/L) represent the Cr(VI) concentrations at the beginning
of photocatalysis with the light source on and at time t (min) during the photocatalytic
process, respectively.

3.4.3. Reusability Study

The post-use AL-TiNTs were added to 0.1 M NaOH solution and stirred to desorb
Cr(VI) to investigate the reuse efficiency of AL-TiNTs. The calculation of Cr(VI) desorption
efficiency is provided in Text S6. The reuse efficiency of AL-TiNTs was determined as follows:

Reuse e f f iciency (%) =
qn

q1
× 100% (5)

where q1 is the amount of adsorption of AL-TiNTs for the first time, and qn is the amount
adsorbed by recycling for the time n.

4. Conclusions

A novel layered nanotube material, AL-TiNT, was successfully prepared by a simple
hydrothermal method. Under the synergistic effect of adsorption and photocatalysis, the
AL-TiNTs provided the potential to adsorb and reduce Cr(VI) in one step. The adsorption
capacity of AL-TiNTs for total Cr was 90.00 mg/g. The AL-TiNTs exhibited strong resistance
to complex solutions and showed excellent selectivity for Cr(VI) in a mixed system of
quaternary heavy metal ions at pH 2. In a ternary dye-mix system, the AL-TiNTs were also
selective for the adsorption of MB at pH 7. In addition, AL-TiNTs displayed broad-spectrum
adsorption of Zn2+, Cd2+, and Cu2+ in a neutral environment. The adsorption mechanisms
of AL-TiNTs were mainly monolayer adsorption, electrostatic interaction, ion exchange, and
complexation. AL-TiNTs performed well (95.86%) in simulated electroplating wastewater,
which has the potential for practical application.

Supplementary Materials: The following supporting information can be downloaded at https:
//www.mdpi.com/article/10.3390/molecules28155789/s1. References [61,67–70] are cited in Sup-
plementary Materials. Figure S1: Adsorption-desorption isotherms and pore distribution of AL;
Figure S2: Effect of temperature on the adsorption of Cr (VI) by AL-TiNTs and kinetic analysis;
Figure S3: Physical diagrams of light intensity corresponding to different xenon lamp source cur-
rents: (a) 5 A; (b) 8.5 A; (c) 12 A; Figure S4: Effect of different xenon lamp light source currents
on the removal of Cr(VI) by AL-TiNTs: (a) 5 A; (b) 12 A (AL-TiNTs: 0.05 g; pH = 2; temperature:
25 ◦C); Figure S5: The effect of co-existing anions insolution on removal of Cr(VI) by AL-TiNTs:
(a) cations and (b) anions of different ionic strengths (AL-TiNTs: 0.05 g; solution pH = 2; experimental
temperature: 25 ◦C); Figure S6: Adsorption isotherms (a) Langmuir; (b) Freundlich; (c) Temkin; and
(d) D-R isotherm models (AL-TiNTs: 0.05 g; pH = 2); Figure S7: Thermodynamics; Figure S8: Effect
of pH on desorption efficiency of Cr(VI); Figure S9: (a) TL; (b) AL; (c) AL-TiNTs. Table S1: Pore
structures and specific surface areas of samples; Table S2: Fitting results for different sorption models;
Table S3: Thermodynamic parameters for Cr(VI) removal by AL-TiNTs; Table S4: Details of MB, CR
and RhB and detection wavelengths; Table S5: The content of substances in simulated wastewater;
Text S1: The reduction process of Cr(VI); Text S2: Kinetics models; Text S3: Isotherm models; Text S4:
Thermodynamic; Text S5: Measurement methods of Zn2+, Cd2+, and Cu2+; Text S6: Desorption of
Cr(VI); Text S7: Materials; Text S8: Calculation equations of removal efficiency and capacity.
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Abstract: The bioremediation of heavy metal ions and pesticides is both cost-effective and environ-
mentally friendly. Microbial remediation is considered superior to conventional abiotic remediation
processes, due to its cost-effectiveness, decrement of biological and chemical sludge, selectivity
toward specific metal ions, and high removal efficiency in dilute effluents. Immobilization technology
using biochar as a carrier is one important approach for advancing microbial remediation. This
article provides an overview of biochar-based materials, including their design and production strate-
gies, physicochemical properties, and applications as adsorbents and support for microorganisms.
Microorganisms that can cope with the various heavy metal ions and/or pesticides that enter the
environment are also outlined in this review. Pesticide and heavy metal bioremediation can be
influenced by microbial activity, pollutant bioavailability, and environmental factors, such as pH
and temperature. Furthermore, by elucidating the interaction mechanisms, this paper summarizes
the microbe-mediated remediation of heavy metals and pesticides. In this review, we also compile
and discuss those works focusing on the study of various bioremediation strategies utilizing biochar
and microorganisms and how the immobilized bacteria on biochar contribute to the improvement of
bioremediation strategies. There is also a summary of the sources and harmful effects of pesticides
and heavy metals. Finally, based on the research described above, this study outlines the future scope
of this field.

Keywords: bioremediation; microbial cell; pollutant; immobilization

1. Introduction

The rapid expansion of industrialization has resulted in the depletion of natural
resources and the production of vast volumes of hazardous waste that pollute water and
soil, threatening the environment and human health [1]. The deterioration of soil and water
quality due to releasing toxic pollutants has become a serious threat around the world. The
release of these harmful wastes into the environment occurs in different forms; for example,
atmospheric pollutants include noxious gases such as sulfur oxides and nitrogen oxides,
while soil and water can be contaminated by organic pollutants (pesticides, hydrocarbons,
phenols, etc.) and heavy metals (cadmium, arsenic, lead, chromium, mercury, etc.). Human
health can be adversely affected by these environmental pollutants [2] through inhalation
or ingestion (Figure 1). Additionally, some pollutants, such as heavy metal ions, can
bioaccumulate in the food chain, and these persistent organic pollutants present significant
risks to humans and other living creatures.
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contaminants from large areas. Ion-exchange resin offers fast kinetics and is highly 
efficient for pollutant removal. However, the need for an acidic environment restricts their 
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the synthesis of the biochar is that the final material should possess high porosity, a large 
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containing functional groups and minerals [7]. The physicochemical properties of the final 
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encourage biochar’s rising application in (waste) water treatment, soil improvement, and its 
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removal of pollutants from aqueous solutions using biochar. Biochar with a high surface 
area and pore volume exhibits a higher metal–ion philicity because it can be physically 
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The accumulation of pesticides and their derivatives is becoming more prevalent,
due to the rising population and rapid industrialization. As much as 80% to 90% of
pesticides applied to crops in agricultural fields affect non-target life forms; they can
relocate or volatilize from the treated area to pollute the air and soil and negatively affect
non-target plants. The leaching of these accumulated pesticides leads to the contamination
of groundwater and soil [3].

During the last few decades, the separation of pollutants from water systems and soil
via several methods has been developed and successfully applied. Recently, technologies
such as membrane filtration, ion exchange, and chemical precipitation have been utilized in
real-life applications to remove pollutants such as metal ions from polluted areas. Chemical
precipitation is a frequently used method for treating heavy metals because it is simple,
inexpensive, and effective. However, chemical precipitation results in secondary pollution
and eventually leads to additional difficulties in cleaning up the trace contaminants from
large areas. Ion-exchange resin offers fast kinetics and is highly efficient for pollutant
removal. However, the need for an acidic environment restricts their application in various
contexts. Membrane filtration-based technologies can remove toxic substances with high
efficiency, but the manufacture of membrane material is usually very complex and at a high
cost. Conventional pollutant remediation methods are not eco-friendly and produce toxic
chemical sludge. Therefore, there is a serious need to develop efficient and sustainable
technologies for remediating toxic environmental pollutants.

Biochar is a carbonaceous material produced through the thermal treatment of dif-
ferent types of biomass, such as crop residues and biosolids [4,5]. Biochar production can
be achieved via various processes, including slow or fast pyrolysis, flash carbonization,
gasification, hydrothermal carbonization, torrefaction, etc. [6]. The key goal when design-
ing the synthesis of the biochar is that the final material should possess high porosity, a
large specific surface area, and elevated surface chemistry heterogeneity, as with oxygen-
containing functional groups and minerals [7]. The physicochemical properties of the final
obtained biochar can also be tuned by altering the microstructure. Such characteristics
encourage biochar’s rising application in (waste) water treatment, soil improvement, and
its use in general air, water, and soil remediation [8]. Mechanisms such as physisorption,
complexation, precipitation, ion exchange, and electrostatic interaction are involved in the
removal of pollutants from aqueous solutions using biochar. Biochar with a high surface
area and pore volume exhibits a higher metal–ion philicity because it can be physically
entrapped within the pores on its surface [9]. The negatively charged surfaces of biochar
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can adsorb positively charged metal ions via electrostatic attraction. Compared to other
adsorbents/microbial supports, biochar is a low-cost option and a promising candidate for
pesticide and heavy metal treatment.

Bioremediation by microorganisms is considered a green technology that is acceptable
to the general public. Microorganisms can bioadsorb, bioaccumulate, or biotransform the
pollutants permanently at a low operating cost and without the generation of harmful
secondary products [10]. Bioremediation can be effective even for contaminants in low
concentrations that cannot otherwise be removed by chemical (e.g., incineration) or physical
methods. According to some studies, microbial remediation has also been combined with
other physical and chemical treatment methods. Hence, bioremediation reduces the health
hazards to workers [11]. The microbial degradation of harmful and recalcitrant pesticides
is efficient, cost-effective, and eco-friendly, with minimum hazards. The microbial consortia
used for remediation have the additional advantage of promoting plant growth in the
contaminated site.

Microorganisms can rapidly mutate and evolve in order to withstand environmen-
tal stress. The diversity and metabolic activity of the microorganisms are influenced by
the presence of heavy metal ions and/or metalloids, which compels the microorganisms
to develop resistance systems for overcoming this toxic metal ion stress. Furthermore,
microorganisms convert toxic metal ions into inactive forms and can thus be utilized for
bioremediation. Pesticide bioremediation involves biodegradation and biotransforma-
tion. In biodegradation, biological reactions modify the compound’s chemical structure,
decreasing its toxicity.

Microorganism immobilization on biochar is an efficient technology for treating
wastewater and soil pollutants [12]. However, less information is available about the
degradation of antibiotics, pesticides, heavy metals, PAHs, and other macromolecular
organic pollutants that are immobilized on biochar by the microorganisms. Such pollu-
tants are usually remediated via chemical methods or photocatalysis using biochar, which
results in the production of free radicals that pose an ecotoxicological risk. As a result,
biodegradation is becoming more important, and it is necessary to further investigate
unexploited microorganisms for immobilization technology, based on biochar for pollutant
biodegradation. However, biochar may cause toxicity to microorganisms according to
their particle size [13]. To reduce this toxicity, the appropriate size of biochar must be
chosen as a carrier for microorganism immobilization. Therefore, this work will evaluate
the properties, influencing factors, strategies of immobilization, and removal efficiency
of microbial cell-immobilized biochar (MCB) for the remediation of heavy metals and
pesticides. The mechanisms involved in the bioremediation process will be explored. In the
published research into the increasing environmental pollution caused by heavy metals and
pesticides, much importance is given to remediation techniques. For biological remediation,
there are many articles that discuss the role of microorganisms as an effective agent for the
remediation of heavy metals and pesticides, as well as the role of biochar as an excellent
adsorbent for the above pollutants. However, this review article focuses on the emerging
role of biochar as an immobilization support for microbial cells.

2. Role of Biochar in the Removal of Metal Ions and Pesticides
2.1. Biochar Production, Properties, and Characterization

In general, biochar is a carbon-rich material derived from biomass (such as wood,
manure, or leaves) upon thermal treatment at high temperatures in a closed container with
minimal or in the absence of air [14]. Various processes, such as pyrolysis, gasification, and
hydrothermal carbonization, are applied in biochar generation [15]. Biochar uses include
(but are not limited to) carbon capture and storage, capacitive deionization, the Fenton
process, microbial fuel cell electrodes, and electrochemical storage [16–18].

Biochar has been well established as a low-cost adsorbent that has adsorption capaci-
ties similar to carbon-based adsorbents, such as activated carbon, porous graphitic carbon
nitride, graphene oxide, etc. The most crucial benefits are: (a) low cost of production,
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(b) porous structure, (c) simple fabrication on a large scale, (d) eco-friendly nature pro-
moting the cycle of the (bio)economy, (e) multiple surface-functional groups, especially
oxygen-containing groups (thus enabling both hydrophobic and polar interactions), (f) ease
of modification, etc. [19,20]. In addition, the preference for biochar as a catalyst support for
photocatalysis and Fenton/photo-Fenton processes has become prevalent, due to its low
cost and high surface area characteristics. The aromatic and other hetero-atom-containing
functional groups that are present in biochar also provide moieties that are capable of elec-
tron transfer and facilitate the faster and more efficient degradation/reduction of pollutants
because of electron delocalization and photo-induced e−/h+ pairs separation.

2.1.1. Biochar Production

Biochar production usually involves biomass collected from various plant/animal
sources or wastewater sludge and thermal treatment using oxygen-deficient conditions,
particularly pyrolysis. For instance, plant sources include olive pomace and rapeseed straw
cereal waste, whereas animal sources include crustacean shells and animal manure [21–25].
Additionally, municipal wastewater sludge has also been used as biomass for biochar
production [26]. The basic composition of biochar predominantly comprises amorphous
phases and graphene sheets, as well as various aliphatic cyclic and aromatic groups as
a matrix. The temperature of the treatment and the biomass source influence the final
physicochemical features. For example, fibrous biomass sources such as wheat/rice straw
generate tubular structures [27]. In contrast, the usage of sludge biochar prevents the
formation of such structures in the biochar matrix [28].

Pyrolysis in oxygen-free conditions comprises the decomposition of lignocellulosic
material, volatile matter release, and the reduction of carbonaceous material for plant
biomass [29]. The types of pyrolysis include slow, fast, microwave-assisted, hydro- and co-
pyrolysis. Slow pyrolysis operates for hours at lower temperature conditions (300–700 ◦C),
resulting in a higher output percentage of biochar content compared to fast pyrolysis
with lower residence time (<2–5 s), higher temperature conditions, and a lower output
percentage of biochar. Increasing the temperature can lead to higher carbon content,
alkalinity, and elevated specific surface area. In contrast, higher residence time can increase
the specific surface area, due to prolonged temperature application.

Variations in high-temperature processes have also been tested in the context of
biochar production. Microwave-assisted pyrolysis for biochar generation has also been
demonstrated, with variations in absorbable power observed for biochar property anal-
ysis, with the demonstrated advantages of larger surface area and improved porosity
characteristics [22]. Hydro-pyrolysis is usually conducted within a temperature range of
250–550 ◦C, with hydrogen gas application, ensuring the hydrocracking of the biomass [19].
Co-pyrolysis involves multiple biomass sources for biochar pyrolysis. The resultant physic-
ochemical properties mainly depend on the biomass sources’ blending ratios and pyrolysis
temperature, improving the biochar sample’s pore structure [30]. Gasification is another
method of generating biochar in the presence of steam/oxygen at 750–900 ◦C, with the
products being syngas and a low biochar yield. Torrefaction is conducted under oxygen-
deficient conditions similar to those for biochar, apart from a temperature of 200–300 ◦C
and a residence time of less than 30 min. Another method explored extensively for biochar
production is hydrothermal carbonization, with an operating temperature range from 160
to 800 ◦C (preferably at lower temperatures) in the presence of water. The low-temperature
environment results in higher O/C and H/C content, along with the creation of functional
groups on the biochar surface; the process yields a low aromaticity level and low-porosity
biochar (hydrochar). The conversion of the non-carbonized (amorphous) part of the
biomass into a carbonized form can be enhanced by increasing the pyrolysis temperature,
which also increases the aromaticity, π electron availability, etc. [30]. Both the negative
effect of pore-size thermal shrinkage due to the collapse of micropore walls and the positive
effect of pore-size increment due to the removal of volatile matter can be observed with
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increasing temperature conditions. Increasing the pyrolysis temperatures also decreases
the biochar’s stability in terms of chemical oxidation resistance [31].

2.1.2. Biochar: Physicochemical Properties and Characterization

Several characterization analyses can be conducted to elucidate biochar’s physical and
chemical properties. The proximate analysis involves the quantification of ash, fixed carbon,
volatile matter, and moisture. High ash and fixed carbon contents are good indicators
of high adsorbent capacity. Ultimate analysis, i.e., the quantification of C, H, N, and O
composition in biochar samples, especially the H/C ratio and O/C and (O + N)/C ratios,
is an indicator of the aromaticity and polarity of biochar [26].

The textural features, with an emphasis on the sizes and the volume of the pores and
the specific surface area (SBET), are usually estimated via N2 sorption tests at 77 K, using
the Barrett–Joyner–Halenda (BJH) or density functional theory (DFT) methods for the pore
analysis and the Brunauer–Emmett–Teller (BET) theory for the SBET. The definition of pore
size category (micro-, meso-, and macropores) decides the interaction ability of biochar
with the required moiety. For instance, biochar systems with microporous structures would
show the lower adsorption capacity of higher molecular-weight pesticides, although a
higher one is needed for metal cations [15].

Surface pH analysis, zeta potential, and electrical conductivity can define the range in
which biochar–pesticide and biochar–metal ion interactions are maximized. The graphiti-
zation and alkalinity of the produced char increase at higher pyrolysis temperatures [32].
Surface functional group analyses, such as cation exchange capacity, Boehm titration, and
humic substance analysis, are also used to evaluate the biochar’s adsorption capacity and
microbial support. Fourier transform infrared spectroscopic (FTIR) analysis also provides
insight into the biochar matrix’s multiple bond formation, with additional information
on post-adsorption studies. The solid-state C-nuclear magnetic resonance technique can
be used to study the relative abundance of the functional groups and the aliphatic and
aromatic hydrocarbon contents [33].

The morphological and structural properties can be explored by scanning electron
microscopy (SEM), transmission electron microscopy (TEM), X-ray diffraction (XRD), and
atomic force microscopy (AFM). The surface chemistry can be analyzed by IR, Raman
spectroscopy, X-ray photoelectron spectroscopy (XPS), potentiometric titration, and Boehm
titration. It is always crucial to determine the surface pH and the point of zero charge, since
they play a key role in the adsorption performance and activity when biochar is used as an
adsorbent in aqueous phases.

The most important techniques for the physicochemical characterization of biochar
are presented in Figure 2.
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2.2. Biochar as Adsorbents

Heavy metals and pesticides can be directly adsorbed onto the biochar’s surface.
Modifying the outer surface of biochar via activation by tuning the chemical heterogeneity
and/or by anchoring decorating different active species can lead to elevated and selective
adsorption efficiency, exceptional stability, easy separation efficiency, and better recyclabil-
ity [19]. Modification, including physical/thermal activation such as steam (for –OH func-
tional group increment) and CO2 activation, ball milling and sonication/ultrasonication,
acid treatment (for deashing and demineralization) and base treatment, functional group
activation, such as amine-functionalization, impregnation with metal oxides, doping, elec-
trochemical treatment, plasma treatment, etc., can enhance the properties of biochar as an
adsorbent [34].

Regarding the analysis of metal ions or pesticide removal using biochar-based materi-
als, Langmuir and Freundlich’s isotherm models are the most established ones. In general,
a Langmuir versus Freundlich isotherm comparison explains monolayer adsorption vs.
mono/multilayer adsorption, even though this approach is not absolutely correct in the
case of studying adsorption in aqueous phases. Other isotherm models/approaches, such
as the Jovanovich, Elovich, and Dubinin–Radushkevich (D–R) models, are also used in
order to present an additional understanding of the role of adsorption conditions [35,36]. In
addition, pseudo-first-order and pseudo-second-order models are the most widely applied
models for kinetic studies for biochar–heavy metal/pesticide systems [37].

2.2.1. Removal of Metal Ions

The application of adsorbents for the removal of heavy metal ions involves physical
and/or chemical adsorption via electrostatic interactions, ion exchange, complexation,
reactions that have taken place on the material’s surface, and/or precipitation [38]. When
interacting with biochar, some metal ions undergo reduction and oxidation reactions,
precipitation, and co-precipitation [39].

Multiple experimental condition parameters can affect the adsorption and removal
capacity. The elevated adsorption of metal ions can be due to an increase in the specific
surface area of the biochar as a result of optimizing the synthetic protocol, for instance,
modifying the pyrolysis temperature [32]. A high pH directly affects the adsorbent’s surface
due to protonation, thus competing with metal ion adsorption [40]. Conversely, in alkaline
pH conditions, hydroxy-complex formations can compete with other ions and impede
adsorption [21]. Preferably, the point of zero-charge pH should be in the acidic region
to efficiently adsorb metal ions and form complexes with a negative surface charge [41].
Cation-exchanging capacity also plays a crucial role in metal ion adsorption. For instance,
Ma et al. [42] discovered that cation exchange significantly contributed to removing Cu2+

from lobster-shell-derived (HCl-treated) biochar, with 53–74% removal contributed by the
cation exchange.

Biochar surface modifications are primarily conducted to improve the adsorption
efficiency, and some of them are summarized in Table 1. A zirconium and iron composite
with sludge biochar was generated to increase As5+ adsorption via complexation. The
Zr-Fe biochar composite had a maximum adsorption capacity of 62.5 mg/g, compared to
the pristine biochar capacity of 15.2 mg/g. The probable mechanism was suggested as the
inner-sphere complexation of As5+ on the Zr-O-Fe surface [36]. Khan et al. [43] studied
MoS2-modified magnetic biochar with a maximum adsorption capacity of 139 mg/g, and
hypothesized the presence of complexation, cation exchange, and Cd-π interactions. The
deashing of biochar with acid solutions and potassium acetate improved lead adsorption,
due to the pore size increment (unblocking SiO2 particles out of biochar) and complexation
of Pb2+ and C=C (π-electrons) [40].
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Table 1. Biochar types involved in heavy metal removal.

Biomass Type Pyrolysis
Temperature (◦C) Modification Metal Ion System Adsorption

Capacity (mg/g) Reference

Crab shell 350 Fe-La doped Sb3+ Water 498 [25]
Crab shell 350 Fe-La doped SbO6

7− Water 337 [25]
Cattle manure 500 Fe-impregnated Sb5+ Water 58.3 [37]

Wood chip 600 Sulfurized Hg2+ Water 107.5 [37]
Sesbania bispinosa 450 MnO AsO4

3− Water 7.35 [39]
Sesbania bispinosa 450 CuO AsO4

3− Water 12.47 [39]
Rice straw 500 Thiol-modified Cd2+ Soil 45.1 [41]
Rice straw 500 Thiol-modified Pb2+ Soil 61.4 [41]

Lobster shell 600 HCl treatment Cu2+ Water 71.4 [42]
Lobster shell 600 HCl treatment Cd2+ Water 126 [42]
Peanut shell 600 MnO-embedded Sb3+ Water 248 [44]
Corn straw 600 Fe-impregnated HAsO4

2− Water 6.80 [45]
Cornstalk 550 Mg-Al-LDH As5+ Soil 0.820 [46]
Cornstalk 550 Zn–Al-LDH As5+ Soil 0.916 [46]
Cornstalk 550 Cu–Al-LDH As5+ Soil 0.787 [46]

Canola straw 700 Steam activation Pb2+ Water 195 [47]
Rice husk 500 HA/Fe-Mn oxide-loaded Cd2+ Water 67.11 [48]
Rice husk 500 HA/Fe-Mn oxide-loaded As5+ Water 35.59 [48]
Rice husk 1 kW (microwave) Fe3O4-magnetic Cr6+ Water 8.35 [49]

Pomelo peel 300 K2FeO4-promoted Cr6+ Water 209.64 [50]

Sawdust 180 Amino-functionalized
(HNO3, nicotinamide) Sb5+ Water 241.92 [51]

Sawdust 180 Amino-functionalized
(HNO3, nicotinamide) Cr6+ Water 132.74 [51]

2.2.2. Adsorption/Removal of Pesticides

Studies indicate that increased pesticide concentration and adsorption time has an
asymptotic effect on adsorption capacity, whereas the adsorption capacity is enhanced by
the increases in biochar concentration. The common mechanisms for pesticide adsorption
onto biochar are the hydrophobic effect, π–π electron donor–acceptor interaction, pore
filling, electrostatic interactions, ionic bonding, and H-bonding [26,52].

Several studies regarding the adsorption/removal of pesticides by biochar have been
evaluated in Table 2, wherein the parameters of biochar pyrolysis temperature and surface
modifications have been compiled, along with the adsorption capacity values. The pyroly-
sis temperature has a similar effect on biochar-pesticide adsorption as on biochar-heavy
metal adsorption. The adsorption of carbendazim on dewatered sludge biochar was at a
maximum at 700 ◦C, owing to the increased surface area and the increment in the partition
coefficient [26]. Pore size governs the definitive adsorption capacity for pesticide–biochar
interaction. Dichlorvos and pymetrozine had molecular sizes that were comparable to pore
diameter; thus, adsorption was facile in both cases [53]. A decrease in the original biochar’s
H/C and O/C atomic ratios is expected to enhance the π–π electron donor-acceptor in-
teractions, contributing to the sorption of certain pesticides, such as oxytetracycline and
carbaryl [24]. Binh and Nguyen [52] concluded that a pH of 2 is a more favorable condition
for the adsorption of 2,4 dichlorophenoxy acetic acid on corn-cob biochar based on the
electrostatic interactions. In addition to the inherent functional groups and mechanisms
involved in metolachlor adsorption onto biochar, Liu et al. [54] incorporated fulvic acid and
citric acid into walnut-shell biochar that augmented the functional groups with oxygen, as
shown in Figure 3. The removal capacity was also observed to decrease after 3 cycles in the
metolachlor-simulated sewage biochar system.
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Table 2. Biochars utilized in pesticide removal.

Biomass Type Pyrolysis
Temperature (◦C) Modification Pesticide System Adsorption

Capacity (mg/g) Reference

Cow manure 600 HCl/HF Carbaryl Water ~55 [24]
Dewatered sludge 700 - Carbendazim Soil 0.144 [26]

Leonardite 550 - Alachlor Water 3.802 [35]

Corn cob 600 HF
2,4-dichloro-

phenoxyacetic
acid

Water [52]

Coconut fiber 600 HCl Dichlorvos Water 90.9 [53]

Walnut shell powder 700 Fulvic
acid Metolachlor Water 99.01 [54]

Walnut shell powder 700 Citric acid Metolachlor Water 74.07 [54]
Bagasse 500 - Carbofuran Water 18.9 [55]

Switchgrass 425 Fe3+/Fe2+

magnetic
Metribuzin Water 205 [56]

Switch grass 425 - Metribuzin Water 223 [56]
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2.3. Biochar as a Bioremediation Catalyst Support

The physicochemical properties of biochar that enable it to be an effective catalyst
support include its large surface area, multi-scale porous structure, and surface functional
group. Chen et al. [57] studied the volatilization of Hg2+ using the Pseudomonas strain,
DC-B1, with biochar. The combined application of biochar and microbial strain resulted
in the greatest Hg removal. Qiao et al. [58] demonstrated the stimulation of the microbial
reduction of As5+ and Fe3+, using oil palm fiber-derived biochar in synergy with soil
microbes extracted from paddy for both studies. Biochar amended microcosm possessed
a higher As5+ concentration than the control, indicating that biochar had an affinity to
As5+ and Fe3+. Both moieties were reduced in the biochar-amended microcosms since
microbes drove the reduction reactions, and biochar behaved similarly to an electron
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shuttle. Qiao et al. [59] summarized the As5+ reduction with biochar and lactate. This
reduction resulted in the identification of three ways: (i) Fe3+ reduction by microbial cells
facilitated As5+ release; (ii) expression of As5+-respiring gene transcripts in dissimilatory
As5+-reducing bacteria; (iii) the functioning electron transfer between the metal and As5+-
reducing bacteria.

Biochar is often employed as a good carrier in improving the photocatalytic activity
of metal oxides. As a stable and inexpensive carbonaceous material, biochar effectively
reduces the recombination rate of photogenerated electron-hole pairs, due to its excellent
conductive property. An et al. [60] developed biochar-supported α-Fe2O3/MgO composites
for photocatalytic degradation of organophosphorus pesticides and obtained a degradation
efficiency of 90% in 80 min. Huang et al. [61] utilized pristine and manganese ferrite-
modified biochar for Cu removal, confirming the role of biochar being principally an
oxide carrier instead of an adsorbent. In addition, a preference for biochar as a carrier
for photocatalysis and Fenton/photo-Fenton processes has been prevalent, due to its low
cost and high surface area characteristics. The utilization of lignin-biochar as a catalyst
support for LaFeO3 in the catalytic photo-Fenton process had a positive effect on the
degradation efficiency of pollutants, owing to enhanced adsorption capacity, a reduction in
the charge transport resistance between LaFeO3 and lignin-biochar, and the presence of
oxygen-containing functional groups [62].

Several studies have been conducted for enzyme-immobilized biochar, particularly
with laccase utilized as an enzyme to degrade pollutants [33]. The basic biochar–enzyme
immobilization techniques are adsorption and covalent bonding. Comparatively, fewer
instances of enzyme–biochar systems for the degradation of pesticides have been studied.
Wang et al. [63] used laccase-immobilized biochar to degrade 2,4-dichlorophenol and
obtained 64.6% degradation. The immobilized laccase improved the cation exchange
capacity, organic matter content, stability, and catalytic degradation effect. A general
outline for adsorption and the removal mechanisms for metals and pesticides via biochar
systems are shown in Figure 4.
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3. Role of Microorganisms in the Removal of Metal Ions and Pesticides

The surface area of microorganisms exhibits higher biological activity relative to their
volume, resulting in greater interaction with their immediate environment. Thus, they can
adapt and survive in polluted areas with the subsequent removal or detoxification of the
pollutant [64]. The microorganisms use different strategies for their survival, including
surface adsorption, micro-precipitation, extracellular or intracellular sequestration, reduc-
tion, enzymatic degradation, etc. Bioremediation is possible only when microbial activity
and growth are allowed by environmental conditions. In certain situations, environmental
factors can be altered to allow microbial population growth to eliminate contaminants [11].
As shown in Figure 5, various factors influence microbial degradation:

(i) Environmental factors

The pH can affect bioremediation by changing metal bioavailability; for instance, a
decrease in soil pH value generally causes an increase in metal bioavailability [65]. This
is because, at lower pH, the exchangeable capacity between metal cations and H+ on the
surface of soil particles is more prominent than at higher pH. Additionally, an optimum
pH is essential for microbial growth, and some microbial degradation processes can be
inhibited at an extreme pH. Temperature is another crucial factor influencing the bioreme-
diation of metals and pesticides [65]. The solubility of these contaminants is increased at
higher temperatures, which leads to their increased bioavailability. The physical nature
and chemical composition of several organic pollutants and their adsorption-desorption
mechanism are governed by temperature. Temperature also influences microbial growth,
activity, and degradation potential. Furthermore, the soil moisture content is another
parameter that affects the bioremediation process. A low soil moisture content limits the
growth and metabolism of microorganisms, while high values can reduce soil aeration.

(ii) Type of microorganism and degradation capacity

The microorganism that is selected for biodegradation should be able to survive in a
high-contamination environment and should be evaluated first for its degradation capacity
before employing it for in situ remediation. The survival of these strains can be ensured by
providing favorable growth conditions. It is also important to note that microbial strains
selected for pollutant removal may need to meet certain ecological requirements. One such
requirement is that the strains should be non-pathogenic. For instance, Staphylococcus aureus,
as a typical pathogen, was resistant to many antibiotics and showed high bioremediation
efficiency for heavy metals such as Cr and U through bioprecipitation [66]. However, certain
metabolites that formed during the degradation of contaminants can be toxic. Therefore,
deeper investigations of ecological security and the metabolic functions of microbial cells
are indispensable before their possible application in environmental pollution control.

(iii) Bioavailability of the contaminants

The bioavailability of the contaminants can be defined as the fraction of a contaminant
in a specific environment that is either adsorbed or degraded by the microbial cells within
a given time. The control of bioavailability is dependent on the diffusion, uptake, and
desorption of the contaminants. The slow mass transfer of contaminants into degrading mi-
crobes reduces their bioavailability. The significance of bioavailability depends very much
on the properties of the pollutant, microorganism, and characteristics of the contaminated
site [11].

(iv) Aerobic or anaerobic operating conditions

Depending on the type of organism and contaminant, bioremediation can be either
aerobic or anaerobic. Most bioremediation systems work under aerobic conditions, but to
effectively degrade the recalcitrant molecules, it is better to run the microbial degradation
tests under anaerobic conditions. Apart from the abovementioned factors, the properties
of the contaminated site (soil type, soil porosity, soil nutrients) and the properties of the
contaminants (structure, hydrophobicity, recalcitrance, toxicity, solubility, and leaching
ability) are also important in bioremediation.
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3.1. Removal of Heavy Metals Using Microorganisms

The removal of heavy metal ions by microorganisms is considered economical and
sustainable. Any environmental stress can be withstood by microorganisms through rapid
mutation and evolution, leading to toxic heavy metal resistance. They can sequester heavy
metal ions, either intracellularly or extracellularly. Additionally, microorganisms can trans-
form and reduce the metal ions to inactive forms. Table 3 summarizes the microorganisms
used for various metal ion remediation conditions in recent years.

The factors influencing heavy metal remediation by microbes generally include pH,
temperature, biomass concentration, the presence of other pollutants, etc. The inherent pH
of the system defines the charges of the surface functional groups present on the microbial
surfaces; pH in an unsuitable range may affect microbial growth. This shows pH to be an
essential parameter in the degradation and removal of heavy metals by live biomass [81].
The pH also has an effect on the solubility of metal ions in the microbe-heavy metal system.
A decrease in soil pH leads to an increase in the bioavailability of metals, thereby resulting
in higher biosorption efficiency, as studied by Zhang et al. [73]. Another essential parameter
in microbial growth and proliferation is the system’s ambient temperature. With an increase
in temperature, the solubility of metal ions increases; thus, the bioavailability of metals also
increases [81]. High biomass or sorbent concentration will increase the overall biosorption
efficiency, but any interference between binding sites reduces the specific metal ion uptake.
The removal or adsorption of a particular heavy metal by microorganisms can also be
positively or negatively affected by the co-existence of other metal ions.

The Mechanism of Heavy Metal Removal by Microorganisms

Microorganisms can adopt several mechanisms in order to survive in heavy-metal
toxicity conditions. These mechanisms are depicted in Figure 6 and include biotransforma-
tion, extracellular polymeric substances secretion, metallothionein synthesis, etc. Heavy
metal degradation by microorganisms can be described in two ways: biosorption and
bioaccumulation.

Biosorption is the reversible physicochemical interaction of living (or dead) biomass or
biomass-secreted products that act as biosorbents with sorbate molecules (e.g., metal ions).
It was previously categorized as metabolism-dependent and metabolism-independent
biosorption. Recently, the former has been widely accepted as bioaccumulation (also called
active biosorption), and only the metabolism-independent processes are considered to be
biosorption [82]. A metabolism-independent mechanism occurs passively on the dead
or the living biomass cell surface. However, the biosorption of metal ions carried out by
dead biomass is superior to that carried out by living cells. Cheng et al. [78] studied the
biosorption of Cd2+ in the living and dead cells of the microalgae Chlorella vulgaris. The dead
algal biomass removed 96.8% of the total cadmium, while the live algal biomass achieved
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95.2% of cadmium adsorption. The steps involved in toxic heavy metal biosorption include
binding the metal ions to various extracellular functional groups present on the microbial
cell wall, via surface precipitation, chemical bonding (complexation/chelation), adsorption,
or ion exchange. Physical adsorption depends on intermolecular or inter-ionic attraction
forces. Complexation or chelation occurs due to the dative covalent bonds between metal
ions, surface functional groups, and the ligands of biomass. When metal ion concentrations
are higher than the solubility limit, surface precipitation or micro-precipitation has been
observed. The exchange involves electrostatic interaction between the metal cations and
the negatively charged functional groups on the cell surface; the interchange of the cations
resulted in the metal ion being bound to the surface [82,83]. Surface-binding is found
to be the principal phenomenon governing the biosorption of metal ions [84]. Physical
modifications have been suggested to provide a cumulative effect on the biosorption
capacity of the microorganisms by removing surface impurities or through the production
of metal-binding sites. Li et al. [74] investigated the biosorption ability of a lactic acid
bacterium, Weissella viridescens ZY-6, for Cd2+ removal from the aqueous solution, and
achieved a 69.45–79.91% removal of Cd2+ from three kinds of juices: tomato, apple, and
pear juices.

The extracellular sequestration of metal ions often occurs due to various biologi-
cal structures produced by microbial cells, including extra-cellular polymeric substances,
siderophores, glutathione, and biosurfactants. Under heavy metal stress, microorganisms
often secrete extra-cellular polymeric substances or exopolysaccharides (EPS) as a pro-
tective response. EPS are constituted of proteins, lipids, complex carbohydrates, nucleic
acids, uronic acid, humic acid, etc., which prevent the entrance of heavy metals into the
cell [68,85]. Generally, EPS contain negatively charged functional groups and can inter-
act electrostatically with heavy metals, resulting in the immobilization of the metal ions
within the EPS. Some examples include the accumulation of Pb2+ and Zn2+ in the soluble
EPS secreted by Oceanobacillus profundus KBZ 3-2 [68], and Pb2+ adsorption onto EPS of
Enterobacter sp. FM-1 [69] and Cd2+ adsorption onto the EPS secreted by a living cyanobacte-
ria, Synechocystis sp. PCC6803 [86]. Siderophores are secreted by microbes and act as metal
chelators, with an extreme affinity for ferric iron. They can reduce the metal’s bioavailability
and toxicity by binding metal ions with variable affinities that have a similar chemistry to
that of iron [87].

Biosurfactants are amphiphilic compounds that are produced extracellularly by
microorganisms for the solubilization, desorption, complexation, and mobilization of
pollutants in solutions. The induction of biosurfactants in microbe-heavy metal systems
facilitates the extracellular sequestration and formation of biosurfactant–metal complex [88].
Rhamnolipids produced by Pseudomonas aeruginosa showed 53% As, 90% Cd, and 80% Zn
extraction capacity from contaminated soil [89]. Ayangbenro and Babalola [90] observed
that a lipopeptide biosurfactant generated by Bacillus cereus NWUABO1 could remove
69% of Pb, 54% of Cd, and 43% of Cr from the soil. Several microorganisms, including
Pseudomonas sp., Bacillus subtilis, Candida tropicalis, Candida sp., Burkholderia sp.,
and Citrobacter freundii can produce biosurfactants, demonstrating heavy metal removal
capacity [88].

298



Molecules 2023, 28, 719

Table 3. Microorganisms that are involved in heavy metal removal.

Heavy Metal Microorganism Initial Heavy Metal
Concentration Incubation Time Degradation

Efficiency (%) Reference

Bacteria

Pb
Bacillus cereus BPS-9 - 48 h 77.57 [67]

Oceanobacillus profundus KBZ 3-2 50 mg/L 24 h 97 [68]
Enterobacter sp. FM-1 100 mg/L 24 h 93.85 [69]

Cr

Bacillus subtilis SZMC 6179J 55 mg/L 24 h 93.50 [70]
Pseudomonas aeruginosa 20 ppm 21 days 89.67 [71]
Pseudomonas stutzeri L1 100 mg/L 24 h 97 [72]

Bacillus cohnii 100 mg/L 25 h 94 [73]
Bacillus licheniformis 100 mg/L 25 h 95 [73]

Cd Weissella viridescens ZY-6 NM 2 h 69.45–79.91 [74]

Zn Oceanobacillus profundus KBZ 3-2 2 mg/L 24 h 54 [68]

Cu Pseudomonas aeruginosa 15 ppm 14 days 90.89 [71]

As
Bacillus sp. 100 ppm 72 h 53.29 [75]

Aneurinibacillus aneurinilyticus 100 ppm 72 h 50.37 [75]

Fungi

Pb Trichoderma brevicompactum QYCD-6 50 mg/L 5 days 97.5 [76]

Cr Trichoderma brevicompactum QYCD-6 100 mg/L 5 days 31.83 [76]

Cd
Penicillium notatum 10 ppm 14 days 77.67 [71]

Trichoderma brevicompactum QYCD-6 30 mg/L 5 days 20.13 [76]

Cu Trichoderma brevicompactum QYCD-6 50 mg/L 5 days 64.46 [76]

Ni Aspergillus niger 20 ppm 28 days 81.07 [71]

Microalgae

Cd
Desmodesmus sp. MAS1 5 mg/L 7 days >58% [77]
Heterochlorella sp. MAS3 5 mg/L 7 days >58% [77]

Chlorella vulgaris 100 mg/L 5–15 min Live cells—95.2
Dead cells—96.8 [78]

Zn Chlorophyceae spp. 3 mg/L 3 h 91.9 [79]

Cu
Chlorella vulgaris 1.9–11.9 mg/L 12 days 39 [80]

Chlorophyceae spp. 3 mg/L 10 min 88 [79]

As Scenedesmus almeriensis 12 mg/L 3 h 40.7 [79]

Ni Chlorella vulgaris 1.9–11.9 mg/L 12 days 32 [80]

Mn Scenedesmus almeriensis 3 mg/L 3 h 99.4 [79]

Biosorption has been determined to be simple, fast, reversible, and inexpensive com-
pared to bioaccumulation and can concentrate heavy metals, even from a very dilute
aqueous solution. The advantageous properties of biosorption include the presence of
multi-functional groups and the uniform distribution of binding sites on the cell surface,
low operational cost, the absence of metal toxicity limitations, minimal preparatory steps,
high efficiency and selectivity for metal ions, no production of secondary waste, and the
possibility of the toxic heavy metal recovery and reusability of the biosorbent [84,91]. Sev-
eral microbial strains have been identified to show multi-metal resistance and remediation
abilities. Nokman et al. [92] isolated a Pseudomonas putida strain from effluent water gener-
ated from a tannery that exhibited resistance to Ag2+ and Co2+ and enhanced resistance
to lead and chromium. Conversely, bioaccumulation is the metabolism-dependent active
transportation of metal ions across the membrane into the living cell, as represented in
Figure 6. The microorganisms selected for bioaccumulation should have specific properties,
such as adaptation to the polluted environment, resistance to high loads of metal ions, and
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a mechanism of intracellular binding [93]. The mechanism consists of two steps; the first
step is identical to biosorption and involves the attachment of heavy metals to charged
functional groups on the cell surface. The second step is metabolism-dependent, rela-
tively slow, and involves the penetration/transport of a metal-ligand complex into the cell
membrane. The subsequent interaction of the complexes with intracellular metal-binding
proteins (such as metallothionein and phytochelatins) occurs within the cell, leading to
bioaccumulation [85]. Metallothioneins (MTs) help to regulate the intracellular metabolism
of metals and protect against oxidative stress and toxic heavy metals [86,87]. Engineered
recombinant E. coli expressed the Corynebacterium glutamicum metallothionein gene and
achieved improved intracellular biosorption of Pb2+ and Zn2+. Hu et al. [86] constructed
a bio composite of immobilizing metallothionein, expressing Pseudomonas putida for the
sorption of Cu2+. Similarly, phytochelatins are metal-binding proteins that are analogous to
the metallothioneins produced from microalgae, which can also chelate and detoxify heavy
metal ions intracellularly.
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3.2. Removal of Pesticides Using Microorganisms

The major types of pesticides and persistent organic pollutants include insecticides,
herbicides, and fungicides. As with heavy metals, the microbial remediation of these
persistent pesticides is economical and sustainable, compared to physical or chemical
removal processes. It involves the degradation of complex pesticide molecules into sim-
pler inorganic chemicals. Table 4 includes the commonly used microorganisms for the
removal of pesticides. Indigenous soil microbial consortia have been more effective for the
microbial degradation of pesticides than the non-indigenous strains, as non-indigenous
strains are exposed to pesticide-contaminated regions exhibiting unfamiliar conditions.
Several studies have reported on the degrading ability of indigenous microbes. Some of
them show organophosphate degradation by indigenous Kosakinia oryzae [94], herbicide
glyphosate degradation by Providencia rettgeri [95], and herbicide atrazine remediation by
indigenous microbial consortia [96]. Individual or mixed microbial cultures can degrade
the various sources of pesticides. Single microbial cells abide by their metabolic pathways
for pesticide degradation, whereas mixed microbial cultures can achieve the same result
through coupled metabolic pathways [97]. Thus, pesticides can rapidly be degraded by
applying the combined microbial consortia isolated from indigenous sites.
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Table 4. Microorganisms involved in pesticide removal.

Pesticide Microorganism Initial Pesticide
Concentration

Incubation
Time

Degradation
Efficiency (%) Reference

Bacteria

Chlorpyrifos Pseudomonas
nitroreducens AR-3 100 mg/L 8 h 97 [98]

Chlorpyrifos Lactobacillus plantarum 0.20–0.80 mg/kg - 24.9–34.4 [99]
Malathion Escherichia coli IES-02 50 ppm 4 h 99 [100]

Mesotrione Bacillus megaterium
Mes11 1 mM 5 h 99 [101]

Carbofuran Enterobacter sp. 4 µg/ml 7 days 80 [102]

Fungi

Chlorpyrifos
Aspergillus sydowii

CBMAI 935
50 mg/L 30 days

32
[103]Methyl parathion 80

Profenos 52
Pyrethroid mixture

(cypermethrin, cyfluthrin,
cyhalothrin)

Aspergillus sp. 500 mg/L 15 days ≈100 [104]

Microalgae

Paraoxon, Malathion and
Diazinon Coccomyxa subellipsoidea 0.1 mg/ml 10 days - [105]

Atrazine Chlorella sp. 40 µg/L 8 days 83.0
[106]80 µg/L 64.3

However, certain recalcitrant pesticides have resilience against biodegradation by
the indigenous microbial community. In such situations, bio-augmentation and bio-
stimulation are considered promising approaches for the remediation of contaminated
sites. Bio-augmentation involves the introduction of specific exogenous microbes to im-
prove the degradative capacity of the contaminated sites. The two main strategies of
bio-augmentation are autochthonous bio-augmentation, where the microbes are isolated
from the same site and then re-injected, and allochthonous bio-augmentation, where
the microbes are cultured from another site [107]. In one study, bio-augmentation with
Paenarthrobacter sp. W11 significantly accelerated the degradation rate of atrazine in soil
and dampened its toxic effect on wheat growth [108]. The success of bio-augmentation
strategies depends on several factors, including the selection of appropriate microorgan-
isms, the target pollutant’s bioavailability, and the inoculum’s survival capability in the
toxic environment [11,109].

Bio-stimulation can be performed by providing the necessary nutrients or electron
acceptors, such as oxygen or nitrate, to promote the proliferation of indigenous microbes.
Aldas-Vargas et al. [110] investigated the biodegradation of herbicides, namely, mecoprop-
p and 2,4-dichlorophenoxyacetic acid (2,4-D), in groundwater. They concluded that bio-
stimulation with oxygen and dissolved organic carbon had the potential for field application.
Raimondo et al. [111] bio-augmented lindane-contaminated soil with actinobacteria (mixed
culture) and bio-stimulated it with sugarcane filter cake, further noticing enhanced lindane
removal, along with microbial cell counts and enzyme activities.

The removal of pesticides depends, firstly, on the optimal conditions of the biomass, its
survival and activity, and, secondly, on the pesticide’s chemical structure, along with several
biotic and abiotic factors, such as suitable microbial strains, nutrient availability, salinity,
pH, temperature, etc. [112]. In the case of the in situ remediation of soil contaminated
by the extensive use or overuse of pesticides for agricultural purposes, the growth of
pesticide-degrading soil microbes depends on the soil characteristics [11].
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Mechanisms Involved in Pesticide Removal by Microorganisms

There are several mechanisms by which microorganisms transform pesticides into
their non-toxic forms in a contaminated site. Some include the surface adsorption, enzy-
matic degradation, or co-metabolism of the pesticide molecules, as depicted in Figure 7.
Adsorption of the pesticide molecules is categorized as a passive process and involves
the direct interaction of molecules with the microbial cell surface. As a result, the effi-
ciency of pesticide adsorption by microorganisms is primarily determined by the available
surface-active groups. The ultimate result of adsorption is the reduced mobility of the toxic
pesticides. The extent of removal and the degradation efficiency are influenced by various
components, such as the charge, polarity, solubility, volatility, and solubility of the pesticide
molecules. Extra-cellular polymeric substances (EPS) and biosurfactants produced by the
microorganisms also aid in the removal of pesticides. EPS can be produced by the microbial
cell as a byproduct of pesticide degradation. This approach can have two benefits: (i) the
reduction of excess toxic pesticides, and (ii) the production of EPS, which can have further
environmental applications. Gupta et al. [113] observed 98% carbofuran degradation within
96 h by Cupriavidus sp. with simultaneous EPS production. Satapute and Jogaiah [114]
reported that surfactin, a biosurfactant produced by a bacterial strain, could degrade 91%
of difenoconazole.
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Microbial enzymes can catalyze the breakdown of pesticides. The enzymatic degra-
dation processes may include an alteration in the structural components, the removal of
undesirable pesticide properties, oxidation, and reduction [115]. Dash and Osborne [116]
investigated monocrotophos degradation by Bacillus aryabhattai (VITNNDJ5) instead of
the bacterial enzyme. The enzymatic degradation of pesticides can either be performed
by intracellular enzymes that are present in the microbial cell or by extracting the en-
zymes capable of degradation from the cells. Sirajuddin et al. [100] isolated the E. coli
IES-02 strain from a site contaminated with the organophosphate malathion, and the strain
showed efficient degradation, utilizing it as the sole carbon source. They also purified
carboxylesterase enzyme from the IES-02 strain and achieved 81% malathion degradation
under optimized conditions within 20 min, whereas the IES-02 cell degradation was com-
pleted from 99.0% to 95.0% within 4 h. However, the extracted enzymes can be affected by
solution properties, such as pH, temperature, etc. Depending on the environmental factors,
enzymes may lose their degradation potential due to varied ambient conditions [117].
Oxidation, hydrolysis, alkylation, and dealkylation reactions have been predominantly
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observed in the microbial degradation process [118]. Some studies that have reported
enzymatic degradation are on cypermethrin by esterase and laccase [119], carbendazim
by carbendazim hydrolase [120], malathion by phosphotriesterase [121], and isoproturon,
procymidone, chlorpyrifos, dichlorophos, and monocrotophos by laccase [122–124]. The
enzymatic biodegradation mechanism of pesticides is often complex, and this diverse
biodegradation pathway needs further investigation to understand enzyme involvement
properly.

3.3. Challenges of Using Microorganisms as a Catalyst

The microbial degradation of metal ions and pesticides tends to be an appealing
approach for bioremediation, even though certain challenges hinder their commercial
application. These include: (i) the loss of microorganisms or reduced microbial survival
because of the toxicity to microorganisms at a higher metal ion or pesticide concentration,
(ii) reduced microbial proliferation, (iii) uneven microbial growth with high concentrations
of the pollutant, (iv) the washing out of the microbial cells during the application, (v) the
longer time required for the completion of the process, (vi) the presence of other co-existing
metal ions and organics that can positively or negatively affect the remediation process.

Microbial immobilization on a support material can overcome the above drawbacks
by fixing the free microbial cells to a specific carrier, either chemically or physically, and
keeping them active for longer. An ideal carrier provides operational stability and cell
protection from the toxic external environment, leading to efficient biodegradation. A
support material retains the microbes and contributes to the sorption of the pollutants [125].
Hence, immobilizing the microorganism accelerates the pollutant’s biodegradation capacity,
enhances the robustness of the immobilized strains, and improves their tolerance to high
pollutant concentrations.

4. Microbial Cell-Immobilized Biochar for the Removal of Metal Ions and Pesticides

Bioremediation with free microbial cells is generally inefficient, due to the lesser
amount of microbes utilized for degradation, microbial loss, and the inhibition of growth
and functioning from indigenous microorganisms [126]. Immobilizing the microorganisms
creates a safe environment for microbial cells to perform specific functions, such as highly
efficient physiochemical sorption and microbial metabolism. Pollutant adsorption/binding
on the carrier material allows the degrading cells to outcompete indigenous microbes,
overcoming the limitations of using free cells for bioremediation [127]. Biochar has been
a prominent carrier for microbial cell immobilization, due to its minimal toxicity and
abundant generation. Immobilized microbes have commonly been observed for better
remediation efficiency than pristine biochar or free cell [128].

4.1. Immobilization Methods

Biochar-immobilized microorganisms are produced through the adsorption of mi-
crobes on biochar, entrapment with the help of crosslinking materials, or a combination of
both methods. Adsorption is a simple and inexpensive method for immobilizing microor-
ganisms [129,130]. Adsorbed cells colonize the biochar after being transferred from a bulk
solution to its surface. The adsorption technique involves physical interactions, such as van
der Waals forces, ionic interactions, and hydrogen bonding between the surface functional
groups of microorganisms and functional groups on the surface of carriers, particularly the
oxygen-containing groups, such as carboxylic, phenolic, and sulphonate groups. Microor-
ganisms have a low affinity for carriers; there will thus be a high rate of desorption of cells
from carriers [125]. As a result, appropriate carriers with high cell-binding characteristics
are required for improved remediation. With a relatively weak interaction between the
carrier and microbial cells, immobilization does not affect the intrinsic structure of the
original microbes if the adsorption method is utilized. As a result, this method is better
suited for immobilizing viable cells and biodegrading pollutants in the laboratory. Entrap-
ment is a standard method of physical immobilization that is irreversible and provides
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better stability of microbes than adsorption [126]. Due to the improved stability of the
thus-prepared immobilized cells, the entrapment method is preferred and is exercised in
industrial applications for pollution abatement.

4.2. Factors that Influence Bioremediation Using Immobilized Microorganisms

The effective pollutant removal capacity of MCB is affected by pollutant concentration
and its bioavailability, the incubation time of the cell, and various parameters, such as
temperature, pH, etc. The biochar-immobilized microorganism technology requires a
thorough understanding of the best conditions for maximum contamination removal.

Initial pollutant concentration influences the removal of pollutants, wherein setting the
initial pollutant concentration until the saturation point increases the adsorption capacity
of the biosorbed pollutants per unit weight of MCB [131]. The bioavailability of pollutants
is defined as the total amount of a contaminant that is either available or that may be
made available for uptake by microorganisms from its surroundings within a given period.
The significance of bioavailability depends on the pollutant’s physicochemical properties,
microorganisms, and contaminated site characteristics [11]. Incubation time is another
critical parameter affecting bioremediation because it has been observed to affect the
growth pattern of microorganisms directly. Proteus mirabilis YC801, immobilized on biochar,
achieved a 42.5% Cr bioreduction and adsorption capacity after 6 h of incubation [132]. The
temporal requirement is high for microbial degradation, and the reaction time for complete
degradation is higher than that for other removal processes. The time scale of the microbial
degradation process can be reduced by selecting suitable microorganisms with quicker
growth phases for pollutant degradation or removal. However, choosing biochar with a
high adsorption potential for pollutants is critical for reducing the bacterial adaptation
time.

The pH value also influences microbial metabolic processes, particularly growth, cell
membrane transport, the zeta potential of sorbate, and changes in the sorbent surface
characteristics [133]. Huang et al. [132] observed an increase in Cr6+ reduction with a pH
increment from 6.0 to 7.0, showing a maximum removal of 83.7% at pH 7.0. However,
alkalifying the Cr6+-MCB system from pH = 8.0 to pH = 10.0 inhibited the removal capacity
of MCB for Cr6+. Similarly, the highest Cr bioreduction was found at 30 °C, similar to the
optimal culture temperature for the strain. Bioreduction significantly decreased with a
further increase in temperature above 30 ◦C, which might be attributed to the loss of cell
viability and the inhibition of the essential enzymes and proteins responsible for microbial
growth and biodegradation at elevated temperatures [12,132].

Similarly, temperature and pH significantly influenced tebuconazole degradation by
Alcaligenes faecalis WZ2, and degradation efficiency was strongly correlated with bacterial
growth [125]. Tebuconazole degradation efficiency reached 88.5% under ideal conditions
(a temperature of 30–35 ◦C and a pH of 6–8). Because of bacterial growth inhibition
and a decrease in the catalytic activities of microbial enzymes involved in tebuconazole
degradation, the efficiency was significantly reduced below the ideal temperature and pH.

4.3. Heavy Metal Ions and Pesticide Removal Using MCB

The advantages of immobilizing cell systems onto carriers in the bioremediation of
metal ions and pesticides are far superior to those of using biochar or free cells alone [134].
Pollutant transfer into the microbial community from the contaminated sites can be en-
hanced by immobilizing the microbial strains onto biochar. Biochar can enhance the
biological community composition of the soil through physisorption; in return, these mi-
croorganisms, adsorbed on the biochar surface, have a metabolizing capability for the
pollutants present in the soil [135]. The porous structure of biochar enhances the growth
and reproduction of the microorganisms and can also act as a source of nutrients for the
microorganisms [136]. The immobilization also ensures that the microorganisms are as-
similated for degradation to form biofilms around the porous structure complex of the
biochar microbes [136]. Biochar can alleviate the contaminant concentration and reduce the
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inhibitory effect of these contaminants on the growth of microorganisms via the adsorption
and subsequent decrease in contaminant concentration in soil/aqueous medium [137].

Using biochar and bioremediation in tandem with functional microbial strains is a
viable and emerging strategy for the long-term remediation of contaminated water and
soil. Numerous microbial strains with strong metal tolerance or adsorption capability have
been isolated and used for bioremediation, either as free-living cells or by immobilizing a
microbial cell with a specific carrier substance. Metal-tolerant microorganisms immobilized
on biochar have been used as a bio-augmentation method to improve heavy metal phytore-
mediation, indirectly reducing heavy metal contamination in soil. Incorporating bacteria
immobilized on biochar into the soil may indirectly improve Cd removal by promoting
plant growth and the phytoremediation effect [138]. Cd-resistant bacteria immobilized on
biochar improved the phytoextraction efficiency by Chlorophytum laxum R. Br. via cadmium
phytoaccumulation in the shoots and roots, and Cd translocation from the roots to the
shoots. Insoluble phosphate solubilization can be achieved via microbial phosphate solu-
bilizers (PSB). Teng et al. [134] observed that combining PSB and biochar improved Pb2+

immobilization by forming a stable crystal texture on its surface. Zhang et al. [139] used
the PSB bacteria Pseudomonas chlororaphis for lead removal. However, the organism could
not proliferate in indigenous bacteria, whereas the addition of PSB-immobilized biochar
(PIB) improved bacterial growth and reduced Pb concentrations to less than 1 mg/kg. As a
result, soil inoculation with PIB can be used as a substitute for Pb immobilization, avoiding
the secondary pollution caused by phosphorus toxicity.

The microorganism immobilization with biochar carrier was also influential in re-
mediating soil polluted with a combination of heavy metals. Tu et al. [140] introduced
Pseudomonas sp. NT-2, loaded onto maize straw biochar, into Cd-Cu mixed soil. The
application of Pseudomonas sp. NT-2-loaded biochar effectively reduced the bioavailability
of Cd and Cu and increased the soil enzymatic activities in the soil system. Qi et al. [135]
used three strains of mixed bacteria, Bacillus subtilis, Bacillus cereus, and Citrobacter sp.-
loaded biochar for U and Cd removal. They discovered that MCB promoted growth in
celery and reduced the U and Cd phytoaccumulation, compared to free cell and biochar
treatments. Research on Cr6+ removal by immobilized microorganisms with biochar has
attracted increased interest recently. The metal ion-resistant bacterium, Proteus mirabilis
YC80, was immobilized using biochar derived from the bloom-forming cyanobacterium,
D. flos-aquae [132]. The ability of biochar-immobilized Proteus mirabilis PC801 to remove Cr6+

was superior, compared to a free cell. The removal efficiency of Cr6+ by PC801-immobilized
biochar was 100%, with 87.7% total Cr immobilized on the carrier and only 12.3% Cr3+

remaining in the solution. Table 5 includes microbial cell immobilized biochar reported for
heavy metal and pesticide abatement.

Table 5. Microbial cell immobilized biochar for heavy metal and pesticide abatement.

Microorganism Catalyst
Support Pollutant Type Mechanism System

Water/Soil
Quantification of

Heavy Metal Removal Reference

Bacillus sp.TZ5 Coconut shell Cd2+ Adsorption Soil 48.49% [141]

Delftia sp B9 Cornstalk Cd2+ Adsorption soil 0.33 mg/kg reduced to
0.06–0.13 mg/kg [142]

Chlorella sp. Water hyacinth Cd2+ Adsorption water 92.5% [143]
Leclercia adecarboxylata Rice hull Pb2+ Entrapment water 93% [144]

Bacillus subtilis Pig manure Hg2+, Pb2+

co-contamination
Adsorption water 69 mg/g Hg

112.3 mg/g Pb [145]

Bacillus subtilis Corn straw Hg2+, Pb2+

co-contamination
Adsorption water 53.7 mg/g Hg;

83.0 mg/g Pb [145]

Enterobacter sp. Rice husk BC Pb2+ Adsorption - 24.1% [146]
Enterobacter sp. Sludge BC Pb2+ Adsorption - 60.9% [146]
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Physical adsorption, ion exchange, surface complexation, precipitation, and biotrans-
formation are some of the mechanisms involved in MCB-mediated heavy metals removal
(Figure 7). Biochar containing oxygen functional groups, mineral components such as car-
bonates and phosphates, and microbial surface functional groups contribute to the removal
of metal cations. Shen et al. [143] investigated the mechanism of cadmium removal using
biochar-immobilized microalgae. They discovered that electrostatic attraction, surface com-
plexation, and ion exchange were responsible for cadmium removal (maximum adsorption
217.41 mg/g) from wastewater. Similarly, Tu et al. [140] noted that surface complexa-
tion with different functional groups on cells, cation exchange, and surface complexation
on biochar contributed to the enhanced stability of Cd2+ and Cu2+ in the contaminated
soil. Microorganisms secrete enzymes that mediate redox reactions and surface complex-
ation. These are the mechanisms involved in removing As3+, As5+, Cr6+, U6+, and Mn2+.
Youngwilai et al. [147] examined the mechanism of Mn2+ removal by the Streptomyces violarus
strain, immobilized on biochar. They found that the two processes, namely, biological
oxidation by the immobilized strain and adsorption by biochar, work together.

The presence of multiple contaminants at a particular contaminated site is a widespread
phenomenon that could severely affect the microorganisms’ remediation potential [148].
This limitation can be addressed by the associative effect of the benefits of biochar and the
microorganisms via the immobilization of functional bacteria (such as organic contaminants–
degraders) on biochar, as this could potentially remediate various types of contaminants.
The application of biochar-microbial complex also increased the soil microbial and en-
zymatic activity, along with conducting the simultaneous bioremediation of multiple
contaminants in several studies [126,148]. Several studies report that the degradation
efficiency by biochar-immobilized bacterial consortia in co-contaminated sites is signifi-
cantly enhanced compared to the free bacteria, due to their bioaugmentation abilities. For
instance, Li et al. [149] immobilized PAH-degrading bacteria (Citrobacter sp.) into biochar,
increased the degradation rate of PAH and reduced the toxicity of Ni by bio-transforming
the available Ni into a stable form.

Pesticide degradation can be enhanced by introducing exogenous free cells to polluted
soil. However, this method has several drawbacks, including the growth and survival of
microbial cells, inadequate nutrients, lesser adaptability to surroundings, and competition
with native microorganisms [139,150]. Immobilizing the exogenous pollutant-degrading
bacteria on a support material can be an alternative strategy. This can be an ideal envi-
ronment for their survival in different soil conditions [151]. Microorganisms immobilized
in biochar have the potential to directly or indirectly reduce environmental pollution,
while also allowing for the long-term maintenance of catalytic activity. Due to its superior
porosity, ample surface area, and functional groups, biochar is an ideal medium and a rich
nutrient composition for immobilizing and reproducing microbial cells [125].

Biochar can improve the soil’s pollutant adsorption capacity while providing the nu-
trients for microbial growth and function [152]. Adsorption and covalent-binding methods
were used to immobilize Pseudomonas putida onto coconut fiber-derived biochar. The effi-
cacy of MCB in paraquat removal from contaminated water was studied by Ha et al. [129].
After 48 h of incubation, MCB could convert paraquat to 4,4-bipyridyl and malic acid.
According to Wahla et al. [148], the immobilization of the MB3R consortium was achieved
on biochar-remediated soil contaminated with metribuzin. The immobilization of a micro-
bial consortium on biochar increased the rate of cypermethrin degradation and removal
efficiency while lowering the cypermethrin’s bioavailability to indigenous organisms [153].
Sun et al. [125] isolated and identified Alcaligenes faecalis WZ-2 as a tebuconazole-degrading
strain and supported it on wheat straw biochar as a carrier. The biochar-immobilized WZ-2
reduced the half-life of tebuconazole in soil from 40.8 to 13.3 days and affected the microbial
population and enzyme activities in polluted soil.
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5. Conclusions and Future Prospective

Recent research on removing heavy metal ions and/or pesticides using biochar and
microorganisms has revealed their enormous potential. Biomass-derived materials, such
as biochar, have gradually been established as a viable platform for advancing the design
and development of carbon-based materials and their suitability for various uses, such as,
for instance, environmental remediation applications. A plethora of biochar production
and activation approaches can be used, depending on the final application. In this review,
the role of microorganisms and biochar in bioremediation is thoroughly discussed. Along
with its usage as an adsorbent for heavy metal ions and pesticides, biochar can also
be utilized as an immobilization support for microorganisms. Carbonaceous materials
have been frequently used as carrier materials for bacterial immobilization, to enhance the
bioremediation efficiency of organic pollutants. Compared with expensive carbon materials,
biochar is more competitive as a carrier material, as it is cheaper but has acceptably high
porosity, which could provide shelter and nutrients for microbial cells, facilitating the
colonization of microbial cells and the formation of microbial hot spots on the surface and
in the pores of biochar. According to previous research, adsorption and entrapment are the
most common methods for preparing the MCB. Toxic metal ions and pesticides have been
successfully removed using immobilized cells. The key factors influencing the removal
efficiencies are the pollutant’s concentration, incubation time, temperature, and pH.

The physical and chemical properties of biochar make it a suitable carrier/platform
for microbial cell immobilization; however, this research area is still in its initial stages. The
limitations related to the loss of activity of MCB and mass transfer potential have not been
studied widely. Even though the immobilization of metal ions and pesticide-degrading mi-
croorganisms are cost-effective, stable, and environmentally friendly approaches, research
can be conducted to enhance the treatment efficiency and improve the stability of microbial
cells. The regeneration of the immobilized cells and recovery of the adsorbed pollutant can
be improved. Most of the research focusing on immobilized microbes on biochar is mainly
laboratory-based and involves the remediation of soil or an aqueous environment. The
practical application of this in situ method is restricted, as the actual contamination sites are
usually complicated. Research can be conducted to elucidate the heavy metal and pesticide
degradation ability of a particular MCB from the soil and aqueous environment. The
practical use of MCB can be further improved by increasing the efficacy and viability of the
immobilized microbial cells and exploring approaches that would make the usage of MCB
easier in contaminated sites. Moreover, the microbe-immobilized biochar can be employed
in co-contaminated sites with heavy metals and pesticides for remediation. Genetically
modified microorganisms are of increasing interest for the treatment of targeted pollutants.
Therefore, further studies can be performed to genetically modify the microorganism for
the targeted remediation of metal ions and pesticides, as well as to study the immobilization
characteristics of these microbes on biochar.
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