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Preface

Globally, native migratory and resident fishes are declining because of aquatic and

terrestrial ecosystem degradation caused by physicochemical habitat alteration, migration barriers,

overexploitation, excessive hatchery supplementation, non-native species introductions, and the

climate crisis—all driven by human overpopulation and excessive energy and material consumption.

Loss of diadromous fishes reduces marine-derived nutrients that are important for freshwater and

floodplain biota, including riparian trees that protect freshwater ecosystems from land use. The

depletion of marine and freshwater fisheries threatens natural-resource industries, human food

supplies, and ecosystem processes. Healthy aquatic ecosystems have diverse habitats that house

a diversity of fish species, including various trophic, habitat, reproductive, and life-history guilds. To

better protect fish resources, which provide recreation and sustenance for millions of people, rigorous

monitoring is important for assessing fish assemblage and population health and their limiting factors.

Therefore, this Special Issue focuses on ecological analyses based on large sample sizes over relatively

large areas.

Robert L. Vadas, Jr. and Robert M. Hughes

Guest Editors
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Monitoring and Conservation of Freshwater and Marine
Fishes: Synopsis
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1. Introduction

Globally, native migratory and resident fishes are declining from aquatic and ter-
restrial ecosystem degradation resulting from physicochemical habitat alteration, migra-
tion barriers, over-exploitation, hatchery supplementation, non-native species introduc-
tions, and the climate crisis [1]—all driven by human overpopulation and excessive en-
ergy and materials consumption [2]. Loss of diadromous fishes reduces marine-derived
nutrients that are important for freshwater and floodplain biota [1,3], including ripar-
ian trees that protect freshwater ecosystems from land use [4]. The depletion of ma-
rine and freshwater fishes threaten natural-resource industries, human food supplies,
and ecosystem processes [5,6]. Healthy aquatic ecosystems have diverse habitats that
house a diversity of fish species, including various trophic, habitat, reproductive, and
life-history guilds [1]. To better protect fish resources, which provide recreation and
sustenance for millions of people, rigorous monitoring is important for assessing fish
assemblage and population health and their limiting factors [1,7]. Therefore, this Special
Issue focuses on ecological analyses based on large sample sizes over relatively large ar-
eas https://www.mdpi.com/journal/fishes/special_issues/1N7J6D5S01 (accessed on 15
July 2024).

Recently, we reviewed the use of multimetric indices (MMIs) for assessing the ecosys-
tem condition of aquatic and riparian ecosystems [1,8]. The former paper was stimulated
by prior research indicating natural, longitudinal shifts in food webs and positive relation-
ships between sample size and fish species richness. We concluded that insufficient and
inconsistent sampling confounded anthropogenic impact analyses when too few fish are
collected at sites or too few sites are sampled [1]. We were also concerned that MMIs are
subject to ad hoc modifications of metrics, thus requiring calibration across regions [8–11].
Those calibrations highlight the need for more general MMI metrics [1], which we hope
to better achieve with this Special Issue. Others have indicated the critical importance of
rigor in determining reference conditions for making biological-impact assessments [8,10].
Again, several papers in this Special Issue lend credence to those concerns.

We volunteered to edit this Special Issue because of our concern for better mechanistic
understanding of fish-environmental relationships globally to improve fish-assemblage
monitoring. So, we encouraged submitting authors to examine aquatic conservation at
multiple biotic and spatiotemporal extents for more-effective management and monitor-
ing [12,13]. Notably, fishes suffer cumulative impacts that often complicate their recovery
efforts [12–14], especially in the face of the climate crisis [5,6,15–17] and non-native fish
invasions [1,4,16–19].

Fishes 2024, 9, 470. https://doi.org/10.3390/fishes9120470 https://www.mdpi.com/journal/fishes1
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2. Synopsis for Special Issue

2.1. Assessments of Drought or the Climate Crisis

Several papers dealt with drought or the climate crisis, which are increasing problems
for stream fishes globally. Pompeu et al. [20] demonstrated the importance of ichthyoplank-
ton surveys for identifying critical habitats for riverine fishes in the face of dams and
other impacts. This Brazilian study was undertaken during a severe drought year and
indicated the essential need to use eDNA and frequent sampling to accurately determine
spawning rivers and periodicities [20]. We expect that eDNA will become increasingly
important for monitoring fish assemblages [21–23], especially for those species that are
rarely encountered with traditional techniques [1,20].

Hamilton et al. [24] was a microbiologic study. Although fish diseases have often
been incorporated into MMIs to assess anthropogenic impacts [1], these relationships need
better development, especially considering that disease spread is exacerbated by non-native
fishes [25,26] and the climate crisis [27]. Hamilton et al.’s [24] salmonid-oriented paper,
which admirably used Inuit First Nation help for the research, suggests that lake whitefish
may be maladapted in northern Canada to deal with the climate crisis. Such climate-crisis
disease sensitivity needs further elucidation in both temperate and tropical regions [27], as
do the synergistic effects of eutrophication and the climate crisis [1,28].

Robinson et al. [26] examined a water-limited, agricultural river basin housing both
native and non-native fish species. The natives often showed reduced ranges more recently
but not obvious spatially extensive presence/absence trends over the last two decades,
partly because of three different lifespan classes (<3 y, 3–6 y, >6 y) that require different
study durations. Likewise, 12 years of data were needed to reveal a statistically significant
ecohydrological trend in a Washington, USA, stream [7]. Power analyses to reduce Type-II
statistical errors of not finding real impacts are critical for aquatic bioassessments in the
face of continuing development pressures [1,5,29]. Robinson et al. [26] also addressed
the concept of ‘shifting baselines’ [7] that plague biomonitoring and power analysis [1]
to enhance the general usefulness of their paper for climate crisis research. Australian
fish assemblages are adapted to “boom vs. bust” climatic fluctuations via rapid dispersal
thereafter, but climate-mitigation management is nevertheless needed to prevent fish
kills. This should include both fish-passage and smaller-extent rehabilitation efforts [26].
Wetland-specific sampling is also needed given wetland losses that affect fishes [1,3,30].
Robinson et al. [26] should prove to be an important paper for climate crisis, wetland, and
instream-flow fields.

Bergström et al. [31] examined climate-based behavioral evolution. They found that a
Swedish population of Wels catfish (Silurus glanis) in a mesotrophic lake showed different
adult-foraging behavior than this catfish did farther south in Europe, based on a mark-
recapture study and comparative literature. For the Swedish lake, summer/fall activity
included nocturnal, pelagic feeding, but settling near the bottom for diurnal resting. This
contradicts the general tenet that zooplankton and forage fishes are less vulnerable to
nocturnal predation in lake epilimnia, although lower trophic levels went unstudied
there. In not preferring warmer waters, including their display of late-winter activity
under ice, this catfish’s behavior differed from that of southern populations, which are
dormant at such lower temperatures; prefer shallow, vegetated, sheltered bays; and differ
in genetics, growth rates, and longevity. Moreover, habitat connectivity was important for
successful lake feeding and creek reproduction (in late spring) in such northern, migrating
populations, which have been long-isolated from their southern conspecifics [31]. Lake
warming also was reported to decrease the length structure of northern pike (Esox lucius) in
Lake Windermere (UK [32]). The short-duration, northern summers likely promoted such
evolutionarily divergent seasonal behavior.

2.2. Assemblage Assessments Dealing with Non-Native or Stocked Species

In their spatially extensive mapping analysis to better achieve migratory-fish manage-
ment, Kajee et al. [33] located native, endemic, threatened, and non-native species hotspots
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in South Africa in an important gap analysis study. Notably, non-native vs. threatened
species records overlapped in over 50% of the area, as nearly half the threatened species
records were outside protected areas and non-natives occurred in over a third of the pro-
tected areas [33]. Jelks et al. [34] also reported that habitat degradation and non-native fish
were the major threats of at-risk North American fish species. Stream barriers were useful
for excluding non-natives from the spawning habitats of native, migratory fishes in larger
basins, which was also reviewed globally by Jones et al. [35].

Aparicio et al. [11] considered both native and non-native fishes in Spanish streams.
Although non-native fishes typically degrade ecosystem processes and natural biodiver-
sity [1,16], non-native fishes are often excluded from MMIs (but see [10,36]). Aparicio
et al. [11] nicely included a separate metric for non-native pressure on native species and
found that explicitly including non-native fish pressure provided a more comprehensive
assessment of ecosystem health than did the European MMI without that metric.

Faro et al. [37] also addressed native and non-native fishes by holistically examin-
ing land use (especially agriculture), eutrophication, and hydromorphologic (e.g., dam-
hydropeaking) criteria to classify Portuguese sites into four levels of human impacts. They
emphasized the biophysical importance of intact riparian areas as native-fish habitats.
Perhaps the most interesting is that they relied on just four fish-assemblage metrics (as
percentages) in their MMI: native lithophils (for spawning), non-natives, migrants (via
diadromy/potamodromy), and freshwater natives. The three metrics besides non-native
fishes were associated with less-disturbed conditions, whereas non-natives were associated
with more-stable flow regimes than native species, which preferred naturally varying
flows [37]. Ruaro et al. [18] reported that fish MMI scores declined with increased abun-
dance of non-native species in two Brazilian river basins. Faro et al. [37] found only partial
support of better biotic conditions away from hydropeaking impacts; however, based on
a large, Europe-wide database, Schinegger et al. [38] found that fishes were intolerant of
hydrological stressors alone and when combined with morphological stressors. Dams are
well-known for blocking migratory-fish access to upstream, downstream, and floodplain
habitats, which also get degraded for landlocked fishes and their foods [1,3–5].

Wildhaber et al. [39] addressed dam impacts via a long-term database. They undertook
a fish-habitat analysis for sicklefin chub (Macrhybopsis meeki) and sturgeon chub (M. gelida)
and their piscine predators in the mainstem Missouri River, where hydropower produc-
tion and channelization prevail. Some of the piscivores both predated on and competed
with the chubs. The chubs were best caught by benthic trawling, but many netting and
other methods were used for more-complete sampling intra- and interspecifically. The
two cyprinids were subjected to habitat-occupancy modeling, including their use of both
main- and off-channel habitats, and showed marked spawning-flow relationships, sug-
gesting flow-regime naturalization as a needed management tool [39], which was also
recommended elsewhere [40,41].

2.3. Assemblage Assessments with Macrohabitat Considerations

Monahan et al. [42] assessed 23 hand-picked, wadeable stream sites across the USA
by electrofishing. The highest fish-assemblage alpha and beta diversities were found in
warmer, lowland rivers in Atlantic basins, where fish body sizes tended to be smaller. This
paper highlighted the species-depauperate nature of USA Pacific basins, where colder
headwaters favored larger-bodied salmonids [42]. Based on a 2554-site database from a
probability survey, Hughes et al. [29] reported the same alpha and beta diversity patterns.

Heppell et al. [43] examined estuarine fin- and shellfishes in an Oregon estuary, focus-
ing on abundance (CPUE) and biodiversity parameters in trawl samples over 3.5 decades.
They found a shift from (i) English sole (Parophrys vetulus) and other demersal fishes to
(ii) Dungeness crab (Cancer magister) and other epibenthic crustaceans. Sculpins (Cottidae)
had also become more prevalent. Hence, there has been a shift away from pelagic fishes [43],
as has been noted for other altered estuaries [44,45]. Although Heppell et al. [43] did not
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examine causal mechanisms, it is likely that both estuarine development (e.g., shoreline
armoring, channel dredging, and a public marina) and the climate crisis were responsible.

2.4. Eurasian-Minnow Genetics, Hybridization, and Speciation

Valić et al. [46] performed genetic analyses on Illyrian chub (Squalius illyricus) and
Zrmanja chub (Squalius zrmanjae) from the Krka River in Croatia, comparing them with
sequences in GenBank. They found that S. zrmanjae had a nuclear region resembling Dalmatian
rudd (Scardinius dergle), suggesting the transfer of genetic information across genera [46].
Notably, fish hybridization has occasionally been incorporated into MMIs [1] because habitat
damage, pollution, and the climate crisis may limit interspecific-niche separation. This is of
particular concern for rare, threatened, or endangered fish species [47,48].

Laskar et al. [49] examined morphology, genetics, and ranges of Osteobrama vigorsii
and O. tikarpadaensis. Their paper helped resolve a long-term quandary regarding unusual
distributions of Osteobrama species in India that should improve fish conservation efforts.
Such an integrated approach with morphologic and molecular data should enhance the
robustness of species assessments, with usefulness for fish conservation beyond India.
Further consideration of life-history divergences [31,50,51] could help define evolutionarily
significant units or distinct population segments for fish species.

3. Conclusions

This Special Issue collectively addressed biotic scales from (i) salmonid skin micro-
biomes to (ii) cyprinid genetics and ecology to (iii) assessment of ichthyoplankton and
older fishes across freshwater and estuarine habitats. The focus was typically guild- or
assemblage-oriented to better assess anthropogenic impacts, but it also included a single-
species study [31] that examined geographic variation in catfish ecology in the face of
climate crisis pressures. The genetic, microbiologic, habitat, trophic, and hydrologic ecol-
ogy of fishes that were discussed should help us to better assess anthropogenic impacts
in other contexts [1]. We hope this Special Issue provides a springboard for other aquatic
ecologists to formulate more holistic, ecosystem-health assessments—especially by spa-
tiotemporal planning—to minimize impacts to rare and migratory species.

Increasingly, ecologists must consider applied ecology, which is why most papers in
our issue had a Conclusions section with management recommendations. Scientists can no
longer shy away from environmental advocacy in a rapidly changing world, which requires
us to make scientifically backed diagnoses [52] like what medical doctors must do to protect
people and public health [2,5]. Hence, long-term biomonitoring with a stronger focus on
aquatic biodiversity protection across biotic and spatiotemporal scales is needed [1,3,53].
That biomonitoring is required for rehabilitation projects to (i) verify that such efforts
succeed [54,55], (ii) document ecosystem dynamics [56,57], and (iii) improve MMI and
other impact-assessment analyses [1,14,58]. Clearly, true adaptive management is needed,
which presently receives more lip service than effective implementation [2,5,6,55].
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Abstract: In the region of King William Island, Nunavut, in the Canadian high Arctic, populations of
salmonids including Arctic char (Salvelinus alpinus), cisco (Coregonus autumnalis and C. sardinella) as
well as lake whitefish (C. clupeaformis) are diadromous, overwintering in freshwater and transitioning
to saline waters following ice melt. Since these fish were sampled at the same time and from the
same traditional fishing sites, comparison of their skin structures, as revealed by 16S rRNA gene
sequencing, has allowed an assessment of influences on wild fish bacterial communities. Arctic char
skin microbiota underwent turnover in different seasonal habitats, but these striking differences
in dispersion and diversity metrics, as well as prominent taxa involving primarily Proteobacteria
and Firmicutes, were less apparent in the sympatric salmonids. Not only do these results refute
the hypothesis that skin communities, for the most part, reflect water microbiota, but they also
indicate that differential recruitment of bacteria is influenced by the host genome and physiology. In
comparison to the well-adapted Arctic char, lake whitefish at the northern edge of their range may
be particularly vulnerable, and we suggest the use of skin microbiomes as a supplemental tool to
monitor a sustainable Indigenous salmonid harvest during this period of change in the high Arctic.

Keywords: Arctic char; Salvelinus alpinus; Coregonus spp.; lake whitefish; cisco; microbiomes; Arctic;
Nunavut; diadromy

Key Contribution: Skin-associated microbial communities of high Arctic salmonids are not simply
dependent on water communities, reflecting host genome and physiology. Arctic char skin-associated
microbial communities undergo striking changes in response to changing seasonal habitat and
water salinity compared to lake whitefish, possibly suggesting lake whitefish maladaptation and
vulnerability.

1. Introduction

Arctic char (Salvelinus alpinus) have a circumpolar distribution and represent the north-
ernmost fish species on Earth [1]. At high latitudes, populations can be diadromous with
seasonal migration to escape sub-zero temperatures in the sea by overwintering in freshwa-
ter lakes and rivers, with a return to saline waters to feed in the spring. Another salmonid,
the closely related lake whitefish (Coregonus clupeaformis), is commonly found in freshwater
lakes and rivers all year. Nonetheless, members of the Coregonus species complex (CSC)
including lake whitefish and cisco (Arctic cisco, Coregonus autumnalis, and sardine cisco,
Coregonus sardinella), are sympatric with Arctic char in the high Arctic, on King William
Island and at adjacent mainland fishing sites in Nunavut, Canada. This region includes
the northern extent of the lake whitefish range [2]. Here, as well as in the James-Hudson
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Bay area and the Yukon River, CSC can also be diadromous [3–5]. Indeed, traditional
Indigenous knowledge shared by community members, or Inuit Qaujimajatuqangit (IQ),
teaches that CSC in this region follow the annual migration of Arctic char and can be fished
swimming upriver within days of the peak char autumn “run”. Such migration demands
that these fish species physiologically and behaviorally adjust to seasonal environmental
changes, but less known are any changes to their skin-associated microbiota. Here, we track
migration-associated changes to skin microbiota in these sympatric salmonids to determine
if these communities are influenced by environmental or host-specific factors.

Skin shares microbial species with the surrounding water. Indeed, most of the micro-
biota differences between distinct populations of Atlantic salmon (Salmo salar) could be
attributed to their host waters [6–8]. As well, analyses of Atlantic salmon and Arctic char
populations revealed that variations in water salinity could impact skin structure [7,9–11].
However, other abiotic and biotic factors may also influence fish microbiomes [12–15].
Immune health could play a role, with mucosal-associated skin lymph tissue, a mucous
complex of immunoglobulins, antimicrobial peptides, mucins, and commensal bacteria,
being critical to innate immunity [16,17]. Indeed, teleosts appear to promote the association
of symbiotic bacteria, likely to help maintain skin immune function stability, with any dis-
ruption possibly resulting in dysbiosis, or the loss of beneficial microbes and an increased
pathogen abundance that could culminate in an inflammatory response [15,16,18–21]. It
is likely important that salmonids maintain immune function homeostasis and symbiotic
skin bacteria during changes due to seasonal migration, and we suggest that such turnover
could be orchestrated by the host.

Despite its importance to fish health, little is known about the drivers that influence
skin microbiomes. Experimental work presents conflicting results. For example, skin
microbiota in Atlantic salmon and catfish, Silurus glanis, were not prominently shaped by
the host [7,22]. However, species differences were reported to have the largest influence on
skin microbiota among three factors investigated in six different Gulf of Mexico teleosts [23].
Host influence on skin consortia was also shown in hybrids produced by crosses between
domestic and wild brook char, Salvelinus fontinalis, and indicated that certain bacterial
genera were influenced by three quantitative trait loci [24]. In non-human land mammals,
skin microbiota appears to be most influenced by the host species, with geographical
habitat being less influential [25]. The latter findings argue that the ecology of the bacterial
community is inexorably woven into the phylogenetic history of the host, a process dubbed
phylosymbiosis [25–27].

As noted, in the region of the Arctic under study, Arctic char and CSC are migratory
and are fished from the same traditional sites. Therefore, these salmonids present a unique
opportunity to compare skin microbial communities in wild sympatric species sampled
from freshwater and sea fishing sites. Such investigation should allow insight into abiotic
influences on the bacterial communities, provide a baseline for microbial populations
in the face of anthropogenic change, and also illuminate any even minor host-specific
genotype influences in salmonids that diverged ~50 million years ago [28]. Such monitoring
can positively contribute to fish population health surveillance and be useful for future
management of sustainable Arctic fishery ventures, in addition to informing local Inuit of
skin bacteria that could be of some concern when consuming raw fish.

2. Materials and Methods

2.1. Study Area, Fish, and Water Sampling

Fishing sites in the Kitikmeot region of Nunavut (NU) were located within 400 km
of King William Island (KWI) and the community of Gjoa Haven, including the saline
water bodies of Rasmussen Basin and Chantrey Inlet. Freshwater sites included six lakes
and rivers, including a traditional stone weir river site (Figure 1). The subsistence fishing
locations were chosen based on IQ sharing by local Inuit elders in association with the
Hunters and Trappers Association of Gjoa Haven, NU. Licenses to fish for scientific pur-
poses were obtained in accordance with section 52 of the general fishery regulations of the
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Fisheries Act, Department of Fisheries and Oceans Canada (DFO), and water was sampled
as permitted by the Nunavut Impact Review Board. Animal care permits were issued by
the Freshwater Institute Animal Care Committee of DFO (S-18/19-1045-NU and FWI-ACC
AUP-2018-63).

 

Figure 1. Study area of the lower Northwest Passage located in the Kitikmeot region within the
Canadian territory of Nunavut. Sampling sites are shown indicating where fished Arctic char (open
circles), members of the Coregonus species complex (CSC; closed circles) or water (dark drop) was
collected. Map produced using ArcGIS Online and Affinity Designer.

Fish samples were aseptically collected from net and traditionally spear-harvested
Arctic char and CSC. The majority of fish were humanely euthanized according to standard
procedures with a blow to the head, while traditionally spear-harvested fish were killed
according to traditional Inuit fishing practices. Each sampled fish was assigned a unique
barcode [29]. Skin mucous samples were taken along the left lateral line of each fish using
a sterile scalpel or cotton-tipped swab, stored in sterile barcode-labeled 5 mL tubes, frozen,
packed into coolers with frozen freezer packs and shipped by plane [11]. Because of the
distance to the laboratory, shipping coolers were kept in walk-in freezers during overnight
layovers, and the skin samples were subsequently stored in −20 ◦C freezers. Once the
aseptic skin samples were obtained at the fishing sites, the fish were weighed, measured
for fork length (mm), and dissected to obtain otoliths, which were subsequently dried and
used for age analysis as previously described [30,31].

Water samples were taken from as many fishing sites as was logistically possible
(Figure 1), with up to 2 L of water filtered through sterile 0.22 μm filters (Pall) in triplicate.
The filters were then frozen and transported in insulated containers at −20 ◦C, then stored
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at −80 ◦C. Additional water samples were collected in 50 mL plastic tubes, shipped with
the skin samples but stored at −80 ◦C upon arrival at the laboratory. The water samples
were thawed and assessed for specific conductivity using a conductivity meter (Traceable
Fisherbrand, Fisher Scientific, Hampton, NH, USA).

2.2. Fish Condition and Growth Curve Calculations

Fulton’s condition factor was calculated according to Barnham and Baxter as:

K =
105 × W

L3 (1)

where mass (or weight, W) was measured in g and length (L) in mm [32]. Otolith age data
were extrapolated for 12 Arctic char, four lake whitefish, and two ciscos, using a size-at-age
key [33]. Growth curves were calculated as previously described by dividing the mean fork-
length (FL), measured in mm, by age for fish aged 3–28 (Arctic char), 4–43 (lake whitefish)
and 2–27 years (cisco species) and log10 transformed to construct plots [11]. A standard
incremental annual growth curve was constructed by line of best fit, and deviations from
these standards were calculated as percent relative differences where the mean growth
standard is determined as the value of FL·Age−1, predicted by the calculated mean annual
incremental growth curve at the specified age of the fish as previously described [11].

2.3. DNA Extractions and Sequencing

DNA was extracted from skin mucosal samples using the NucleoSpin Soil Extraction
Kit (Machery-Nagel GmbH, Düren, Germany) with modifications including a final elution
with double-distilled sterile water (ddH2O) as previously described [11]. DNA extracts
were diluted to ~50 ng μL−1, and polymerase chain reaction (PCR) amplification was
performed using primers 8F and 1406R to generate the V1–V9 region of the bacterial 16S
ribosomal RNA (rRNA) gene and then subsequently re-amplified using the V4–V5 region
using primers 515F-Y and 926R [34,35]. Skin-derived Illumina libraries were sequenced
on a MiSeq instrument (Illumina Inc., San Diego, CA, USA). For water samples, the 16S
rRNA gene V4–V5 region was amplified from each water sample as previously described
and sequenced using a MiSeq instrument [36,37].

A total of 682 skin and 50 water samples, in addition to controls, were analyzed using
Quantitative Insights Into Microbial Ecology 2 (QIIME2) (version 2020.6) managed by
automated exploration of microbial diversity (AXIOME3) [38,39]. DADA2 (version 2020.6)
was used to remove primer sequences and chimeras, dereplicate, and denoise reads [40].
Taxonomy was assigned to amplicon sequence variants (ASVs) using a naive Bayesian
classifier pre-trained with the SILVA database (release 138) [41]. The prevalence method
in Decontam was used to identify contaminants using a threshold of 0.5 as described
previously [42,43]. Beta diversity was assessed using PCoA ordination with a Bray–Curtis
dissimilarity matrix, and alpha diversity using Chao1 and Shannon index metrics. Diversity
analysis was conducted using phyloseq (version 1.40.0) in Rstudio (version 2022.2.03) run-
ning R (version 4.2.0) [44]. Skin and water sequences obtained have been made available in
the European Bioinformatics Institute (EBI) database under accession number PRJEB48811.

2.4. Statistical Analyses, Data Availability, and Efforts to Reduce Environmental Impact

Beta diversity between groups was tested through both PERMDISP and PERMANOVA
using the adonis2 functions in the vegan R package (version 2.6.2) and the pairwise Adonis
function from the corresponding package (version 0.4) using 10,000 permutations [45–48].
As noted, alpha diversity was determined using the Chao1 and Shannon index as a measure
of taxonomic abundance and diversity, respectively. One-way ANOVAs with post-hoc
Tukey’s honest significant difference tests were performed to determine significant dif-
ferences in means between factor groups with a 95% confidence threshold. Compact
letter displays representing statistically significant groupings were generated using the
R package multcompView (version 0.1.8). Bubble plots for taxonomic visualization were
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generated using ggplot2 (version 3.3.6) [49]. Similarity percentages (SIMPER) analyses were
conducted using Bray–Curtis dissimilarity matrices in PAST (Paleontological Statistics)
(version 4.08) [50]. Core microbiomes were determined using the microbiome package in R
(version 1.18.0) with phyloseq and thresholds of 0.001 and prevalence of 50% [51].

Fish samples and otoliths have been archived for future access, and fish sample
metadata is available in the Polar Data Catalogue (PDC) as open access (PDC#312992; NA
profile of IOS 19115:2003, uploaded 5 February 2020, doi: 10.21963/12992). Measures were
taken by the authors to reduce the environmental impact of research activities as well as to
include Indigenous community members. These efforts included the hiring of local Inuit
fishers, employing community youth to prepare samples, and making the fish available
to the local “food bank” and other community programs. Furthermore, the coordination
of multiple investigations encouraged southern visitors to volunteer for social science
projects and enabled the bulk purchase of reagents to share among other research groups.
Additionally, supplies and samples were shipped as personal baggage to reduce packaging
and costs.

3. Results

3.1. Condition Factors and Annual Incremental Growth

The use of extrapolated age data for ~2.5% of the salmonids allowed the calculation of
the mean annual incremental growth for 377 Arctic char, 188 lake whitefish, and 136 cisco,
for which measurements were available. Annual incremental growth of individual fish was
plotted against the standard curves (Figure S1), which allowed the calculation of relative
differences from the standard growth curves and showed an average percent deviation of
3.7% (standard deviation, SD = 19) for Arctic char, 0.8% (SD = 10.5) for lake whitefish and
2.4% (SD = 15.5) for the two cisco species. There were no statistical differences in deviations
for any of the salmonid groupings from different freshwater sites, indicating that there was
no phenotype divergence that might suggest resource polymorphism within the taxa.

Arctic char condition factor (K) was significantly higher at the grouped saline fishing
sites compared to all freshwater habitats (p < 0.001; one-way ANOVA; Figure S2). As previ-
ously reported, there was no significant difference in the condition factor for cisco between
different seasonal habitats, and in lake whitefish the condition factor was significantly
higher when caught in freshwater than in saline environments (p < 0.001, one-way ANOVA;
Figure S2; [43]).

3.2. Arctic Char Skin Microbiome

A total of 441 Arctic char skin samples from fresh (n = 317) and saline (n = 124) waters
were analyzed, including those obtained representing the change in seasonal habitats:
autumn saline water (n = 124), autumn freshwater (n = 106), winter freshwater (n = 63), and
spring freshwater (n = 148) (Figure 1). Across all seasonal habitats, Arctic char skin micro-
biomes were dominated by Proteobacteria, Cyanobacteria, Firmicutes, and Actinobacteriota
(Figure S3).

Freshwater Arctic char skin samples had significantly higher (p < 0.001, one-way
ANOVA) Shannon diversity than samples from saline waters (Figure 2A), with species rich-
ness likewise significantly higher (p < 0.001, one-way ANOVA) in freshwater-caught samples
(Figure 2B). When considering seasonal habitats along with water conditions, autumn
freshwater-caught Arctic char had significantly greater (p < 0.05, one-way ANOVA) Shannon
diversity (Figure 2C) and species richness (Figure 2D) than all other seasonal habitats.

Bray–Curtis dissimilarity plots of Arctic char skin highlight the differences between
fresh and saline waters, as well as autumn saline and other seasonal habitats (Figure 3)
with significance verified using both PERMDISP (p < 0.001) and PERMANOVA (p < 0.001).
Indeed, accounting for seasonality, autumn freshwater communities were significantly
different from all others using both PERMDISP (p < 0.05) and PERMANOVA (p = 0.001).
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Figure 2. Alpha diversity metrics of Chao1 and Shannon entropy assessments of Arctic char skin
community richness and diversity, respectively. Plots show differences between samples obtained
from saline water (S; n = 124) and freshwater (F; n = 317) (A,B) and different seasonal habitats
(C,D) including samples obtained from autumn saline water (AS; n = 124), autumn fresh water (AF;
n = 106), winter fresh water (WF; n = 63), and spring fresh water (SF; n = 148). Different lower-
case letters within the graphs display significantly different (p < 0.001) groupings as determined by
one-way ANOVA.

Figure 3. Principal coordinate analysis (PCoA) plots displaying dissimilarities in Arctic char skin
samples using Bray–Curtis or beta diversity calculations. PCoA plots with (A) saline and freshwater
environments and (B) seasonal habitats of autumn saline water (AS), autumn fresh water (AF), winter
fresh water (WF), spring fresh water (SF). Number of fish samples per group (n) are indicated below
the graphs.

Similarity percentages (SIMPER) analyses were performed to determine which ASVs
were key to the differences between the saline and freshwater and seasonal habitat com-
munities (Table S1). Proteobacteria, Cyanobacteria, and Firmicutes were the primary
contributors to the distinctiveness of saline and freshwater communities. Photobacterium
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(Proteobacteria) and Tychonema (Cyanobacteria) consistently contributed the most to micro-
biota dissimilarity, at 9.7% and 5% between saline and freshwater and between autumn
saline and autumn fresh conditions, respectively. In contrast, the same genera had a much
lower average relative abundance in freshwater, consisting of 0.05% and 0.04%, 0.008%
and 0%, 0%, and 0.0003% in autumn fresh, winter fresh, and spring freshwater habitats,
respectively (Table S1). More diverse taxa were responsible for dissimilarity between the
different freshwater seasonal habitats, including Firmicutes, Proteobacteria, Cyanobacteria,
Planctomycetota, Verrucomicrobiota, and Actinobacteriota. When comparing autumn to
winter freshwater, Staphylococcus (Firmicutes) contributed the most to dissimilarity, at 3.7%,
with Escherichia-Shigella (Proteobacteria) second, at 3.4%. Staphylococcus, at 3.8%, was again
the greatest contributor to dissimilarity in the transition from winter to spring freshwater,
and Escherichia-Shigella, at 3.5% dissimilarity, was noted when the autumn and spring
freshwaters were compared.

ASVs present in ≥50% of skin samples and >0.1% relative abundance are defined as
representing core taxa, but when considering every seasonal habitat, this criterion was
not satisfied for a single ASV. However, when only skin samples from saline fishing sites
were considered, there were six core taxa identified (Table S2). Four belong to Cyanobac-
teria (Rivularia, Phormidesmis, Synechococcus sp., Tychonema, and Cyanobium) and two to
Gammaproteobacteria (Psychrobacter and Photobacterium). No core bacteria were noted from
all freshwater-caught char, but if these were classified as to seasonal habitat, eight taxa
were identified from autumn freshwater-caught fish, including two Gammaproteobacteria
(Polynucleobacter and Rhodoferax), two Verrucomicrobiae, (Chthoniobacter and Luteolibacter),
one Planctomycetota (a Gemmataceae), one Cyanobacterim (Cyanobium), and two Actino-
mycetota (a Sporichthyaceae and an Acidimicrobiia). With a prolonged stay in freshwater,
the core skin microbiomes of winter and spring-caught fish were reduced to single genera,
the kleptoplastic or photosynthetic-associated taxa Formanifera (Planoglabratella opercularis)
and Gammaproteobacteria (Rhodoferax), respectively.

3.3. Influence of Surrounding Water on Arctic Char Skin Communities

Water samples were dominated by Proteobacteria, Actinobacteriota, Bacteroidota, and
Cyanobacteria for both saline and freshwater sites (Figure S4), as previously reported from
coastal waters [52,53]. Alpha diversity metrics (Figure S5) and PCoA plots of the water
taxa from different seasonal habitats (Figure S6) showed no distinct groupings for saline
and fresh waters. Two of the prominent water phyla, the Proteobacteria and Cyanobacteria
(average relative abundances of 35% and 31% in fresh and saline, respectively, for Pro-
teobacteria and 12% and 15% in fresh and saline, respectively, for Cyanobacteria), were also
found on Arctic char skin (Figure S3). However, they had a different relative abundance on
the skin (46% and 43% in fresh and saline skin samples, respectively, for Proteobacteria and
32% and 13% in fresh and saline, respectively, for Cyanobacteria), suggesting colonization
bias. Notably, the relative abundance of Actinobacteriota decreased in spring freshwater
compared to other water samples, but there was no significant change in the Arctic char
skin community, reflecting that change in the fishing site waters. Likewise, the relative
abundance of skin-associated Cyanobacteria decreased in spring freshwater habitats, but
water microbiomes did not change with respect to this taxon. Bacteroidota also decreased
in relative abundance on char caught in autumn saline and winter freshwater habitats,
whereas water samples showed that phyla were reasonably consistent in these fished
waters. Overall, individual taxa from the water communities are undoubtedly recruited
from the water to Arctic char skin, but fish genomes and physiology appear to influence
the relative bacterial abundance.

3.4. CSC Skin Microbiomes, Fishing Sites, and Water Microbiota

Similar to Arctic char, ordination based on Bray–Curtis dissimilarity showed distinct
groupings between lake whitefish (n = 140) as well as cisco (n = 101) caught in fresh and
saline waters (Figure 4). As in Arctic char, CSC skin communities did not simply reflect the
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surrounding water microbiota (Figures 5 and S4). For example, CSC skin showed a lower
average relative abundance of Bacteroidota (3%) compared to water samples (29%) across
all seasonal habitats. Firmicutes was relatively abundant in CSC skin, whereas this phylum
represented less than 1% in water collected across all seasonal habitats. Cyanobacteria
made up a higher average relative abundance on CSC skin (27%) compared to water
samples (13%) with CSC skin having 46% relative abundance in the sea compared to 15%
in saline water alone. Therefore, after environmental exposure to bacterial communities,
there appears to be differential microbial recruitment on the CSC skin.

Figure 4. Principal coordinate analysis plots displaying dissimilarity using Bray–Curtis distances
between Arctic char (red dots), cisco (bright green) and lake whitefish (blue) in (A) saline and
freshwater, as well as (B) different seasonal habitats as indicated above each graph.
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Figure 5. A pictograph showing abundant skin-associated microbiota in the high Arctic salmonids
under study and across seasonal gradients. For simplicity, only the most prominent phyla are shown
at their average relative abundance in Arctic char, cisco and lake whitefish. Phyla comprising < 5%
average relative abundance are grouped together and only those seasonal habitats with sufficient
number of caught fish are shown.

3.5. Impact of Fish Host on Skin Microbiomes

Across all seasonal habitats, skin from all three salmonids showed a large relative
abundance of Proteobacteria. However, in autumn saline waters, cisco and lake whitefish
skin microbiomes were dominated by Cyanobacteria, in contrast to a 50% lesser abundance
of that taxa in Arctic char (Figure 5). As the different salmonids swam up freshwater
rivers in the autumn, the skin communities became more similar, but diverged again
during the winter when cisco contained relatively more Verrucomicrobiota and Plancto-
mycetota, compared to Arctic char with average relative abundance of Planctomycetota
and Verrucomicrobiota at least doubling (6% to 12% and 3% to 8%, respectively). By the
time spring arrived, Arctic char skin microbiota showed the highest relative abundance of
Proteobacteria among all characterized skin-associated microbiomes.

When these high Arctic sympatric salmonids were compared, skin alpha diversity,
Chao1, in ocean-caught Arctic char was significantly (Chao1: p < 0.001, one-way ANOVA)
lower than in both cisco and lake whitefish (Figure 6A). Community diversity in these
chars were also lower than in freshwater samples (p < 0.001, one-way ANOVA). Likewise,
Arctic char skin community diversity was significantly lower (p < 0.001, one-way ANOVA)
than in lake whitefish and cisco under saline conditions and also significantly lower than in
lake whitefish in freshwater samples. Overall, skin communities from Arctic char showed
significantly decreased (p < 0.001, one-way ANOVA) community abundance and diversity
in autumn saline and winter fresh habitats. Notably, taxa changes along migratory routes,
as seen by the shifts between seasonal habitats, were more pronounced in Arctic char
compared to cisco and lake whitefish.
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Figure 6. Alpha diversity metrics, Chao1 and Shannon diversity, measuring skin microbial commu-
nity abundance and diversity, respectively, of Arctic char (AC) and Coregonus species complex cisco
(C) as well as lake whitefish (LW) in (A) saline and freshwater and (B) in different seasonal habitats
(abbreviated as described in Figure 3 and situated above each graph). Lower case letters within each
individual graph display significantly different (p < 0.001) groupings as determined by one-way
ANOVA. It should be noted that data from lake whitefish and cisco (Hamilton et al., 2023 [43]) are
presented here for comparison with the Arctic char calculated diversity.

Bray–Curtis dissimilarity matrices comparing Arctic char and CSC skin communities in
fish caught in waters of different salinities and seasonal habitat showed significant centroid
differences (p < 0.001, PERMDISP and p < 0.005, PERMANOVA; Figure 4). Considering only
seasonal habitat, Arctic char was consistently significantly different in diversity metrics
than either cisco or lake whitefish. For example, in autumn saline and freshwater habitats
as well as in winter freshwater habitats, Arctic char were significantly different (PERMDISP;
p < 0.001, p < 0.05 and p < 0.005, respectively, and PERMANOVA; p < 0.005, p < 0.01, and
p < 0.005, respectively).
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4. Discussion

4.1. Skin Microbiota in Related Migrating Salmonids

Salmonoid skin epithelia are protected by a layer of mucus, which presumably acts to
defend against pathogens, osmotic and mechanical stress, environmental perturbations as
well as to conserve energy by reducing drag [12,54]. These secreted glycosylated mucins
presumably foster colonization, particularly by biofilm-formers that are recruited from
the surrounding waters, with fish benefits including protection against freeze-thaw, the
sequestering of metals in oligotrophic environments and the production of antimicrobial
metabolites to reduce pathogen colonization [7,55–59]. Although there are some differences
in pathogen adhesion to different mucins [54], we are unaware of any differences in mucin
chemistry in closely related salmonids. Thus, we hypothesized that related and sympatric
Arctic char and CSC, fished from the same waters, would have the same or very similar
communities. Indeed, the surrounding water microbiota has been argued to have the
biggest influence on the teleost microbiome [7,58,60–63]. However, our hypothesis was not
correct; even though water microbiota appeared to be relatively similar and overlapping,
independent of salinity and seasonal change, the skin microbiota of the different salmonids
changed (Figures S3 and S4). Only a portion of the water taxa were recovered on the skin,
and depending on the seasonal habitat, there were some distinct fish skin communities
(Figure 5). This strongly argues that wild salmonid hosts exert an important role on skin
microbiome establishment.

As indicated, water samples had generally similar microbiota, but there was a de-
crease in Shannon diversity and species richness in winter- and spring-collected waters.
Significantly, despite a similar diversity in autumn-sampled waters, independent of salinity,
diversity of Arctic char skin communities in different autumn environmental habitats was
not the same. For example, six taxa were classified as core community members in ocean-
caught char, but none of these could be consistently identified at freshwater sites. Arctic
char skin diversity increased after entry to freshwater, both as assessed by Shannon metrics,
species richness and by PCoA plots, and this shift was also apparent when comparing the
two autumn seasonal habitats (Figures 2–4). In comparison, few core taxa were identified
in CSC samples. In addition, there were no significant differences in the diversity of lake
whitefish skin communities obtained from ocean and freshwater fishing sites (Figure 4; [43]).
Indeed, our initial expectation that core microbiota would be shared among the different
salmonids and between environments was not corroborated; distinct differences between
Arctic char and CSC, cisco and most notably, lake whitefish, were observed.

Both Arctic char and cisco skin communities were relatively abundant in ASVs rep-
resenting Actinobacteria, which are likely psychrophilic and commensal, with previous
reports in rainbow trout gut microbiota [64–66]. Core taxa in ocean Arctic char skin com-
munities also included Proteobacteria, represented by the low-temperature-tolerant Psy-
chrobacter and Photobacterium. Both of these are known to form biofilms, and Photobacterium
was one of the drivers of overall seasonal dissimilarity, with an average relative abundance
~400–1500-fold greater in ocean-caught fish than in freshwater samples. All three groups
of ocean-caught salmonids were colonized by Cyanobacteria, which is not surprising con-
sidering that these primary producers, many of which are tolerant to low temperatures,
synthesize bio-reactive compounds and can form multi-taxa biofilms [57,59,67,68]. Together,
this phylum made up ~32% and ~25% of the ASVs in Arctic char and CSC, respectively.
Nevertheless, of the five cyanobacteria found as part of the core in Arctic char sampled
from saline fishing sites, only one, Cyanobium, was regularly found in cisco. Lake whitefish
carried both Cyanobium and Planktothrix, with the latter genus not a core taxon in autumn
saline-caught Arctic char or cisco. This may be cause for some concern, since some of these
species produce microcystins that are associated with whitefish toxicity [43,69].

According to IQ, lake whitefish and cisco follow Arctic char upriver and indeed, nets
and spears pulled from these waters frequently contained char and CSC. This autumn
migration was associated with a partial turnover of skin taxa in these salmonids. As noted,
diversity and species richness increased in Arctic char during this run but not in CSC. In
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Arctic char, Cyanobium was retained during the swim upriver, but turnover resulted in
replacement by autumn freshwater taxa, including Luteolibacter and planktonic Polynucle-
obacter and Rhodoferax that all associate with biofilms [70–73]. A few taxa overlapped in the
sympatric salmonids, and although not consistent enough to be part of a core, Luteolibacter
and Chthoniobacter, the latter a genus previously reported in ice-covered lakes, were the
most frequent ASVs in communities from autumn freshwater-caught lake whitefish and in
cisco, a ASV corresponding to Candidatus Bacilloplasma, which was previously identified as
part of the Atlantic salmon microbiome, predominated [74,75]. Fewer fish were obtained
in the winter and spring from lines set under the ice, but in overwintering Arctic char
there was a loss of Shannon diversity and species richness associated with these seasonal
habitats, which in this case, was also seen in the water communities. The number of
relatively consistent distinct core skin bacteria declined so much that the Arctic char skin
was represented by a single genus in each of these under ice habitats.

4.2. Adaptation to Environmental Conditions, a Changing Climate, and Fisheries Management

The three salmonids shared a common ancestor ~50 million years ago in the ice-free
Eocene Arctic Ocean. Arctic char retained their circumpolar distribution after the last
glaciation, but ancestral CSC colonized North American lakes and are currently extending
their northern range [1,2,28,76]. Thus, Arctic char should be well adapted to high Arctic
conditions, and cisco may also be so, since they frequently seasonally migrate throughout
their range. In contrast, diadromy is not frequent in lake whitefish worldwide. However,
at their northern limits, this behaviour may be mandated by the low resources in high
Arctic lakes [1,3,77–79]. Migration to and from oligotrophic lakes and the sea requires
that their skin, a major component of their immune system [80,81], is safeguarded with
commensal bacteria that form biofilms. Certain microbes from the water column appear
to join as a core part of the consortium depending on water salinity, with the salmonid
skin facilitating the proliferation of specific microbiota from the water column as shown
here and supported by previous findings [24]. As Arctic char swim upriver in the autumn
there is a transient increase in microbiota diversity, which is associated with a turnover
of members of the skin community, presumably increasing fitness by recruiting beneficial
taxa from the water. For example, Photobacterium represented more than 19% of the taxa in
Arctic char caught in saline waters, and since species within this bacterial genus produce
antibacterial compounds, these could inhibit the growth of competing bacteria [82]. Wild
Arctic char appear to have developed a symbiotic relationship with this taxon, as suggested
by its prevalence in both skin- and intestine-associated microbiomes in the autumn saline
seasonal habitat (Figure S1; [83]). Cyanobium sp. with antibacterial and antiviral properties
likely also contributes to this role, and in this case is part of the autumn saline core bacteria
in all three salmonids.

As indicated, diadromous Arctic char are well adapted to their environment. These
salmonids showed a higher condition (K) at the start of their autumn migration before
swimming upriver, while cisco showed no condition differences between these seasonal
habitats. In contrast, lake whitefish may not be as well adapted, since they had a sig-
nificantly lower average condition upon their return from summer feeding compared to
migrating freshwater-caught fish. Certain lake whitefish year classes were absent in the
otolith data set, suggesting that there may have been lower recruitment in certain year
classes, and in contrast to an increase in diversity that accompanied the autumn habitat
transition seen in Arctic char, mean community richness did not increase in lake whitefish.
It has been suggested that a shift in microbiota can assist fish to cope with hypotonic
stress [84], and thus this difference may also reflect the fitness cost to lake whitefish at the
edge of their range. In addition, the presence of possibly microcystin-producing Plank-
tothrix as a core taxon only in lake whitefish may be cause for concern. Taken together, it
is migratory lake whitefish, and not Arctic char or cisco, which may be less able to cope
with climate change. We therefore recommend that these populations be targeted for future
monitoring using this baseline data.
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Diadromous Arctic char present with cisco and lake whitefish at traditional fishing
sites have been harvested by Indigenous peoples throughout their oral history and, we
hope, well into the future. As noted, the additional stress associated with climate change
may be particularly challenging for migratory lake whitefish with biotic and abiotic stresses
telegraphed to the skin consortium, offering a new tool to monitor the health of fish
populations, in addition to enumeration and condition calculations. It is not known if any
members of the skin consortium pose a risk to humans, but since Inuit frequently consume
raw fish, knowledge of the timing of pathogen risk could help inform fishers to mitigate
potential human health risks. For example, since skin microbiomes may be more stable
in the autumn saline environment and therefore less susceptible to disease, community
members might consider choosing to fish the autumn “runs” closer to the river outflow
rather than upriver, where the microbiota is more likely to be in a transition state. To
recapitulate, we have shown that distinct differences between sympatric salmonid skin-
associated communities reflect salmonid genomic differences that help drive differential
colonization. Such analysis, it is hoped, will contribute to future sustainable management
of Arctic fisheries, particularly under increasing intergovernmental claims and commercial
interests in the region, whilst maintaining Indigenous fishing rights and the interests and
health of local communities.

Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/fishes8040214/s1, All supplemental information including Table S1:
SIMPER analyses; Table S2: core microbiomes; Figure S1: growth curves; Figure S2: condition factors;
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Abstract: In South America, knowledge of major spawning sites is crucial for maintaining migratory
fish populations. In this study, we aimed to understand the spatio-temporal distribution of fish
eggs in the upper São Francisco River using high sampling frequency and DNA metabarcoding
identification. We evaluated the possible effects of the non-molecular identification of eggs and
decreased sampling frequency on the determination of spawning sites and major breeding periods.
Collections were carried out every three days from November 2019 to February 2020. We found that,
if we had assumed that all of the free and non-adhesive sampled eggs belonged to migratory species,
as is usual in the literature, this assumption would have been wrong for both the spawning sites and
the breeding periods. Moreover, any decrease in the frequency of sampling could dramatically affect
the determination of the major spawning rivers, and the spawning events of some of the migratory
species may not have been detected. Therefore, without the proper identification and adequate
sampling frequency of eggs, important spawning sites may be overlooked, leading to ineffective or
inappropriate conservation measures.

Keywords: DNA metabarcoding; neotropics; South America; São Francisco River; spawning sites

Key Contribution: Studies with ichthyoplankton without molecular identification of eggs and with
low sampling frequency may not detect important spawning events. This can lead to the incorrect
identification of spawning sites and inadequate conservation strategies.

1. Introduction

In South America, large migratory fish species are important for commercial and sport
fisheries because of their size and abundance [1]. These species are also impaired by river
fragmentation by damming because they exhibit complex upstream and downstream move-
ments and require different habitats in order to complete their reproductive cycles [2–4].
Moreover, a lack of connectivity hinders access to spawning sites, and the formation of
large reservoirs directly interferes with egg and larvae drift [5], which would normally be
carried to floodplains during floods [6].
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Considering the high degree of fragmentation in South American basins and the many
new hydroelectric projects planned [7], knowledge of the major spawning sites in each
basin is crucial for the establishment of appropriate measures for maintaining migratory
fish populations [8]. Thus, studies of the early life stages of fish have become increasingly
common [9], especially those focusing on the ichthyoplankton of migratory species. These
studies have investigated spawning periods and sites, spawning intensity e.g., [10,11],
factors related to reproductive success, and the species-specific characteristics of those
processes [12].

One of the major methodological challenges in these studies is the correct taxonomic
identification of ichthyoplankton. In the case of larvae, despite the high diversity and
high rates of endemism [13], taxonomic keys are available for some neotropical river
basins [8,9,14], enabling the identification of family or genus. The identification of eggs,
on the other hand, has been more limited. Because having free and non-adhesive eggs
is a trait associated with migratory species [15], some authors have considered that, in
conventional ichthyoplankton sampling, these eggs would predominantly originate from
species that exhibit migratory behavior, e.g., [16,17]. Other studies have distinguished
between migratory and non-migratory species by using information on the size of the
perivitelline space [6,8,9], which is wider in the former. Nonetheless, these traits have
been shown to have low accuracy in discriminating between those two species groups [18],
which is particularly concerning, given that the presence of eggs is the most accurate
indicator of the spawning location.

New genetic tools have shown promise as a means of enabling the improved identifica-
tion of ichthyoplankton, especially by enhancing the taxonomic resolution of sampled eggs.
High-throughput sequencing (HTS) platforms associated with DNA barcoding (i.e., DNA
metabarcoding) allow for the identification of multiple species from environmental bulk
samples. This methodology has tremendous potential for monitoring and assessing environ-
mental quality [19] has been referred to as DNA-based next-generation biomonitoring, or
“Biomonitoring 2.0” [20]. As such, non-invasive methods ensure a rapid and cost-efficient
biodiversity assessment of many difficult-to-identify organisms, such as ichthyoplankton
samples, which is particularly important when dealing with the megadiverse neotropical
ichthyofauna [21].

Another key aspect of ichthyoplankton studies is related to the periodicity of sampling,
because neotropical migratory species usually have a single spawning event during the
breeding season [22], and the number of spawning events for each species is unknown
for most of them. Many neotropical ichthyoplankton studies have been conducted either
bi-weekly [23,24] or monthly [25,26]. Studies at a greater sampling frequency are less
common but indicate that some spawning events occur over only a few days [4,16].

Therefore, we sought to understand the spatio-temporal distribution of fish eggs in the
upper São Francisco River by using a high sampling frequency and DNA metabarcoding
identification. We evaluated the possible effects of the non-molecular identification of
eggs on the determination of potential spawning sites and on the main breeding periods
of migratory species. We also determined how a decreased sampling frequency affected
the determination of the major spawning sites in the basin and the identification of the
spawning sites of each migratory species.

2. Materials and Methods

2.1. Study Area

Our study comprised the São Francisco River basin upstream of Três Marias Reservoir,
Brazil. There, the São Francisco River mainstem has a lotic segment of approximately
400 km and a draining an area of 26,680 km2. Some local tributaries, such as the Pará
River, are recognized feeding sites, whereas the Samburá and Bambuí Rivers and the São
Francisco River headwaters are important spawning sites for migratory species [4]. The
average annual precipitation in the São Francisco Basin is 1036 mm, and the Köppen climate
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is classified as Cwa, which is characterized by an October-to-March rainy season [27]. Fish
spawning is concentrated between November and February [4,28].

We selected six sampling sites for ichthyoplankton sampling. Once the ichthyoplank-
ton was transported over a long stretch of river, each point represented its respective
upstream river. One site was located in the Samburá River (SAM), one site in the Bambuí
River (BAM), and one site in the Pará River (PAR), always near their mouths. Three
sites were located along the São Francisco River mainstem (upstream of the Samburá
River mouth—SFS; upstream of the Bambuí River mouth—SFB; and upstream of the Pará
River mouth—SFP), (Figure 1). The distribution of the sites aimed to encompass all major
tributaries of the upper basin, as well as intermediate stretches of the São Francisco River.

Figure 1. Map of the study area, showing the locations of the sampling sites in the upper São
Francisco River, Minas Gerais, Brazil.

2.2. Methods

Migratory fish in the São Francisco and Paraná River basins do not spawn in flood-
plains. Instead, spawning often occurs in shallower and smaller-sized tributaries, as in
the case of our study region [4]. The ichthyoplankton is then passively transported to
the floodplains, where they arrive as larvae at the end of yolk sac absorption. Because
spawning occurs in such shallow and turbulent rivers, no differences in their distribution in
the water column are expected. In fact, even in deep South American rivers, no differences
in ichthyoplankton abundance have been observed between samples taken at the surface
and those at the river bottom [29]. In the same study, the authors reported differences in
ichthyoplankton abundance between sampling hours; however, those also varied with
distance from the collection site to the spawning region. Therefore, defining the ideal time
is not straightforward, but has been resolved below.

Because the focus of this work was to assess the risks of not considering the genetic
identification of eggs for defining spawning sites and times, as well as the effects of reducing
the sampling frequency, we took care to replicate the sampling design commonly used
in studies of this nature. Therefore, we maximized the sampling frequency (every three
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days at all points), a collection effort that is rare in Brazil, but that prevented sampling
the same point multiple times per day. That was a choice that had to be made because
of our available budget for both field collections and genetic analyses—a budget already
much higher than the majority of ichthyoplankton studies in Brazil. Therefore, samples
were taken only near the surface and at sunset, because no differences in egg abundance
are expected at different depths [29], especially in shallow rivers, and because spawning
occurs in the late afternoon and evening, near sunset [30].

The collections were carried out from 1 November 2019 to 29 February 2020, every three
days, in the late afternoon, at all six points, resulting in 41 samples per point (246 samples
in total). Because the hatching time of migratory fish in the São Francisco basin is always
<24 h [31], the 3-day collection interval ensured that each sample represented a potentially
independent spawning event. A conical net (40-cm diameter) with a flow meter attached
was positioned at the location with the greatest current velocity for 10 min at a depth of
0.5 m. The collected material was placed in 600-mL plastic jars with absolute ethanol and
taken to the laboratory for screening via a Bogorov plate and a stereomicroscope.

All samples with fish eggs were analyzed using the DNA metabarcoding method,
which allows the determination of multiple species from a single sample through high-
performance DNA sequencing (Illumina). DNA was extracted using the salting-out method
adapted from [32]. The DNA was quantified on a NanoDrop 2000 spectrophotometer
(Thermo Scientific, Cleveland, OH, USA), and then the samples were normalized to
100 ng/μL. Because our focus was to locate spawning rivers, larvae were not considered.

A 655 bp fragment of the 5′ end of the mitochondrial COI gene was amplified via
PCR using a combination of different primers (F1 and FishR1), modified from sequences
already published in the literature. The original sequences received a tail (Illumina pre-
adapter) complementary to the adapter used in a subsequent second PCR. This reaction
was performed with a water sample to monitor possible contamination (negative control),
as well as a positive control. The PCR products were then purified with magnetic beads
(Agencourt AMPure XP®—Beckman Coulter).

After purification, a PCR was performed with Nextera Index kit® adapters (Illumina
Inc., San Diego, CA, USA) to amplify the amplicon set from the previous step. In this
reaction, adapters compatible with the Illumina next-generation sequencing system (P5 and
P7) were used as primers. A single index combination (specific sequences associated with
the Illumina adapter) was used for the subsequent identification of each sample, because
all points will form a single sequencing set. The amplification product was evaluated on a
1.5% agarose gel.

The samples were successfully amplified in the PCR because they showed the expected
band pattern for the COI fragment (655 bp COI + 60 bp adapter + 64 bp index = 780 bp).
No amplification was observed for the negative control, indicating no contamination in the
reactions. The PCR products were then, again, purified with magnetic beads (Agencourt
AMPure XP®—Beckman Coulter), quantified on a Nanodrop, and normalized to 20 ng/μL.

All samples were pooled together, and this pool was purified using a Zymoclean™
Large Fragment DNA Recovery kit (Zymo Research) to remove spurious fragments from the
desired-sized fragment (655 bp COI + 60 bp adapter + 64 bp index = 779 bp). Using real-time
PCR, performed with a KAPA Biosystems Quantification Kit (Illumina, São Paulo, Brazil)
reagent, the pool was quantified, diluted to a concentration of 2 nM, and again quantified
to confirm the final concentration. The final solution was denatured and loaded onto the
MiSeq® equipment (Illumina) using a Miseq v3 300-cycle sequencing kit (2 × 150 bp), with
a final concentration of 16 pM.

The bioinformatic analysis was performed using a custom pipeline written in R (R
Core Team, 2022) and DADA2 [33] and Phyloseq [34] packages, as well as the cutadapt pro-
gram [35]. Briefly, the demultiplexed sequencing reads were downloaded from Basespace
(Illumina). An initial quality control step was carried out where reads with undetermined
bases (Ns), or a Q-score of <20, were removed. Then, primer sequences were detected and
removed. The remaining reads were submitted to dereplication determination of ASVs
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(amplicon sequencing variants) and chimera removal, using DADA2 core functions. The R1
and R2 reads were analyzed as complementary datasets and used independently of ASV
determination, as the amplicon span hinders read merge by overlap. These ASVs were
submitted to a first round of taxonomic classification, performed with a Bayesian classifier
integrated into the DADA2 package, using a custom database built from 114,425 vertebrate
sequences, available on BOLD (https://www.boldsystems.org/ accessed on 10 August
2022). A second round of taxonomic classification was performed using a similarity search
in the NCBInt (nucleotide database) with a local implementation of the BLASTn [36], with
thresholds of sequence coverage > 80% and sequence identity > 80%. The taxonomy iden-
tification obtained from these complementary classifications was manually curated for
each ASV and sample, considering the BLASTn similarity and coverage values and the
distribution in the basin of the identified species or close taxa.

Previous work using the DNA metabarcoding approach on ichthyoplankton bulk
samples was able to successfully detect alpha diversity at the species level and has provided
good estimates of the relative abundance of the larvae [37]. Thus, we used the relative read
abundance (RRA) to estimate the species abundance for each bulk sample. The RRA of
each ASV on each sample was obtained by dividing the ASV absolute abundance by the
total absolute abundance of the sample.

The total density of eggs in each sample was calculated by standardizing the abun-
dance per 10 m3 of filtered water [6]. The density of eggs from migratory species was also
estimated per sample based on their relative read abundance (RRA) in each sample. For
both estimates (total and migratory species), periods with abundance peaks were visually
compared, and their congruence was tested by Pearson correlation. Species were classified
as migratory according to Sato and Godinho [38].

To evaluate the beta diversity patterns of sampling rivers and dates, we performed a
non-metric multidimensional scaling (NMDS) analysis. The input data consisted of the taxa
abundance of each ichthyoplankton pool as input variables and estimated distances were
calculated with Bray–Curtis dissimilarity using the function metaMDS of the R-package
vegan [39].

The importance of each river as a spawning ground was evaluated by comparing
densities by ANOVA or Kruskal–Wallis, depending on their distribution, considering the
total number of eggs, and considering only the estimated number of eggs from migratory
species. This evaluation was performed for the entire dataset and for simulations of six-
and fifteen-day sampling intervals. In the case of the six-day interval, these were produced
considering a start date of November 1st or 4th. For the 15-day interval, scenarios were
simulated with collections starting on November 1st, 4th, 7th, 10th, and 13th.

To evaluate the effect of sampling frequency, for the three sampling scenarios (three-,
six-, and fifteen-day intervals), the number of migratory species with recorded spawning in
each river and the number of spawning rivers for each migratory species were compared
by ANOVA.

3. Results

A total of 48,465 fish eggs were collected from the upper São Francisco basin and
71% of the samples contained fish eggs. After DNA metabarcoding analysis, a total of
14,817,732 raw paired DNA reads were obtained for the 149 egg pools, with an average of
49,724 reads per pool. After quality control, error correction, dereplication, and chimera
removal, 11,995,008 reads remained, with an average of ~80,500 DNA sequences per pool,
corresponding to a total of 507 unique ASVs of 230 bp on average. This enabled the
identification of 35 fish taxa, including 7 migratory species (Appendix A). Seven taxa were
identified to genus level and three to family.

The majority of the identified ASVs (63.5%) were associated with a single species,
mandi Pimelodus pohli. The migratory species, Prochilodus argenteus, P. costatus, Megaleporinus
obtusidens, and Leporinus taeniatus, accounted for 2.92%, 2.88, 2.26%, and 0.9% of the
detected DNA sequences, respectively. The other migratory species found (Pseudoplatystoma
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corruscans, Brycon sp., and Megaleporinus reinhardti) represented <0.01% each. Despite the
dominance of a single species, considerable variation in the ichthyoplankton composition
was observed between the sampling points and among the different samples from each
river (Figure 2).

Figure 2. Non−metric multidimensional scaling (NMDS) plot showing ordination based on DNA
metabarcoding of taxa abundance, with similarity estimated using Bray–Curtis. Ellipses encompass
all samples from the same site. São Francisco River sites are represented by SFB, SFP, and SFS; and
tributaries by PAR, BAM, and SAM.

When comparing the total egg densities, the SFB site stood out, having both the
greatest averages and the greatest peaks of egg densities (Figure 3A) (KW = 2.47; p = 0.01).
However, when considering only migratory-fish-egg abundances, the Bambuí (BAM) and
Samburá (SAM) River sites indicated the greatest reproductive activity (Figure 3B) (F = 4.76;
p < 0.001).
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Figure 3. Estimated egg density of all species (A) and migratory species (B) per sampling point in
the upper São Francisco River from samplings every three days (dot = mean; box = standard error;
whisker = range).

When considering the total egg densities, the largest spawning events occurred be-
tween the second half of November and the first week of January. However, when con-
sidering only the abundance of the migratory fish eggs, the largest reproductive events
occurred in the first half of November and from the second half of January to the first half
of February (Figure 4), and both of these evaluations were not congruent (r = 0.05; p = 0.47).

For the total egg density, both of the six-day sampling simulations pointed to sig-
nificant differences among the sites (F = 4.74; p < 0.001) but produced different results
regarding the importance of each river for fish spawning. Whereas, in one simulation, the
SFB site remained the most important breeding site, in the other, the BAM and SFS sites
had similar migratory-fish-egg densities (Figure 5A). The two six-day interval simulations
for estimating migratory-egg densities were not able to capture differences among the sites
(F = 1.34; p = 0.24). In addition, in one simulation, the Bambuí River (BAM) stood out,
whereas, in the other, Samburá River (SAM) was the most important breeding location
(Figure 5B).
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Figure 4. Total egg density (red) and estimated density of migratory species eggs (green) during
the sampling period in the upper São Francisco River from sampling every three days (dot = mean;
box = standard error; whisker = range).

Figure 5. Total egg density (A) and estimated egg density of migratory species (B) by collection point
in the upper São Francisco River, considering samplings every six days. Different colors represent
each of the two simulations (dot = mean; box = standard error; whisker = range).
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Even more divergent results were observed for the 15-day sampling intervals. For
the total egg density, in only two simulations did the SFB site remain the most important,
whereas, in the other three, the densities were more similar between the Bambuí (BAM),
Samburá (SAM), and upper São Francisco River (SFS) sites (Figure 6A). For migratory fish,
the importance of the Bambuí River (BAM) was shown in only one simulation, and in only
two out of five simulations for the Samburá River (SAM) (Figure 6B). In all of these cases,
the differences between the points were not statistically significant.

 
Figure 6. Total egg density (A) and estimated density of eggs from migratory species (B) per sampling
site in the upper São Francisco River, considering sampling every 15 days. Different colors represent
each of the five simulations (dot = mean; box = standard error; whisker = range).

Regarding the spawning grounds for migratory species, an increase in the sampling
interval directly interfered with the quality of the information about the importance of the
sampled sites (F = 8.88; p < 0.001). For all of the sites, increasing the sampling interval from
three to six days prevented the identification of some species, and, for four sites, a fifteen-
day interval resulted in a total non-recording of migratory species (Figure 7). Similarly, a
progressive increase in the sampling interval decreased the number of spawning rivers
identified for each migratory species (F = 14.26; p < 0.001), and four of them (Brycon sp., P.
corruscans, P. costatus, and M. reinhardti) may not have their reproductive event recorded in
the basin if sampled only every 15 days (Figure 8).
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Figure 7. Number of migratory species with spawning recorded for each sampling point, considering
intervals of 3, 6, or 15 days between collections.

Figure 8. Number of spawning sites inferred for each migratory species, considering sampling
intervals of 3, 6, or 15 days.

4. Discussion

We determined the spatio-temporal distribution of fish eggs in the upper São Francisco
River using high frequency sampling and DNA metabarcoding identification. The molec-
ular identification of eggs and high frequency sampling was necessary to obtain reliable
data. For instance, our results showed that, if we had assumed that all of the sampled
eggs belonged to migratory species, this assumption would have been wrong for both
the spawning sites and the breeding periods. Moreover, the six- and fifteen-day sampling
intervals dramatically affected the determination of the major spawning rivers in the upper
basin, and the spawning events of some migratory species were not detected.

The DNA metabarcoding identification was able to determine the presence of eggs
from seven migratory fish species. Of those known to occur in the basin [40], only the
eggs of dourado (Salminus franciscanus) were undetected. Most of the eggs were identi-
fied to species level; however, the absence of complete genetic databases limited some
identifications to genus or family levels only [21]. As expected, eggs from species with
parental care, such as Loricariidae and Cichliformes [41], or with internal fertilization,
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such as Auchenipteridae [42] and Poeciliidae [43], were not recorded. However, eggs
from rheophilic species that do not undertake long migrations predominated in the sam-
ples, especially Pimelodus pohli. This species performs fractional spawning and reproduces
throughout the year, with spawning peaks occurring between November and February [44].

The identification of ichthyoplankton through morphological characteristics obser-
vation is highly complex, especially during the embryonic phase, when there is great
morphological similarity among species [6,45]. Even considering the differences in the
perivitelline space of the eggs, which tends to be larger in migratory species than in seden-
tary species [6], the distinction between the groups is imprecise [18]. Given this challenge,
it is common for eggs to only be quantified and evaluated collectively. Although these
analyses can contribute to a general understanding of reproductive dynamics, the use of
such methods to evaluate the reproductive patterns of a specific group is inadequate. In
this study, higher egg densities from migratory species were recorded in the Samburá and
Bambuí Rivers, two recognized spawning rivers based on previous telemetry studies [4].
The importance of these two São Francisco River tributaries for migratory species would
be greatly underestimated if all of the sampled eggs were presumed to be from migra-
tory species. Similarly, non-molecular identification would point to spawning periods
that would lead to different interpretations regarding the main environmental factors that
trigger the reproductive process.

In addition to the method of identification, sampling frequency is another key factor
that directly affects the detection of reproductive patterns. This factor was particularly
evident in the significant temporal and spatial variation observed in ichthyoplankton
composition. Ichthyoplankton studies conducted in neotropical rivers have commonly
adopted biweekly or longer sampling intervals, e.g., [24,25,46–48]. Incomplete identification
becomes even more critical when we consider the fish monitoring programs developed
by the hydroelectric sector. In most cases, these studies are conducted with quarterly or
biannual frequency [49], resulting in sporadic collections that may or may not be outside of
the reproductive period of migratory species. The minimum ichthyoplankton sampling
protocol [50], a reference used by environmental agencies to guide the environmental
regulation of hydropower plants, recommends monthly collections over a period of one
year for surveys and for monthly collection to be carried out for at least four months in
the reproductive season for monitoring. Our results indicate that the greater the sampling
interval, the lower the chances of recording important reproductive events. Migratory
species exhibit spawning that is highly synchronized with environmental variables [4,11,24],
and they exhibit reproductive homing [51], with fidelity to a single spawning site. Therefore,
an inadequate sample frequency leads to the erroneous conclusion that a river or region
is not important as a spawning site for some migratory species. An error such as this
would result in inadequate management and conservation measures, because having
quality data is essential for us to understand the impact of existing or new dams on
migratory fish populations [8]. In the upper São Francisco River, the spawning of four
out of the seven migratory species would have gone undetected if the sampling had
been conducted biweekly or monthly. Among those species is Surubim Pseudoplatystoma
corruscans, the largest-sized species in the basin, which is currently listed as endangered [52],
and Prochilodus argenteus, which comprises half of the fisheries in some stretches of the São
Francisco River basin [38,53].

5. Conclusions

Most South American river basins, which harbor an enormous biodiversity of fish,
are already highly fragmented [54]. In these systems, free-flowing river segments are
refuges for migratory species, some of which are rare and/or threatened [11,24,47,48,55].
In this context, the identification of critical habitats, especially spawning sites, is essential
for taking appropriate conservation measures. We have found that, without the proper
identification and adequate sampling frequency of eggs, important spawning sites will be
overlooked, leading to ineffective or inappropriate conservation measures. Therefore, it is
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necessary to improve the ichthyoplankton surveys and monitoring programs conducted in
environmental impact studies related to aquatic ecosystem projects. Given the importance
of molecular techniques to improve species identification accuracy, it is crucial to provide
incentives and support in order to make them more financially accessible.
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Appendix A

Table A1. Relative abundance (ASV %) of fish species identified by DNA metabarcoding in ichthy-
oplankton samples from the upper São Francisco River. Migratory species and parental care are also
indicated [22,31,36,56,57].

Fish Species ASV %
Migratory

(Y/N)
Parental Care (Y/N)

ORDER CLUPEIFORMES
Family Engraulidae

Anchoviella vaillanti (Steindachner, 1908) 0.06 N N
ORDER CHARACIFORMES

Family Crenuchidae
Characidium fasciatum Reinhardt, 1867 <0.01 N N
Characidium zebra Eigenmann, 1909 0.07 N N

Family Parodontidae
Parodon hilarii Reinhardt, 1867 <0.01 N N

Family Serrasalmidae
Myleus micans (Lütken, 1875) 0.01 N N
Myleus sp. <0.01 N N
Myloplus sp. <0.01 N N
Serrasalmus sp. <0.01 N Y

Family Anostomidae
Leporellus vittatus (Valenciennes, 1850) 0.86 N N
Leporinus piau Fowler, 1941 0.04 N N
Leporinus taeniatus Lütken, 1875 2.26 Y N
Megaleporinus obtusidens (Valenciennes, 1837) 0.90 Y N
Megaleporinus reinhardti (Lütken, 1875) <0.01 Y N
Schizodon knerii (Steindachner, 1875) 1.94 N N

36



Fishes 2023, 8, 518

Table A1. Cont.

Fish Species ASV %
Migratory

(Y/N)
Parental Care (Y/N)

Family Curimatidae
Curimatidae sp. <0.01 N N

Family Prochilodontidae
Prochilodus argenteus Spix and Agassiz, 1829+ 2.92 Y N
Prochilodus costatus Valenciennes, 1850 + 2.88 Y N

Family Bryconidae
Brycon sp. <0.01 ? N

Family Characidae
Astyanax scabripinnis (Jenyns, 1842) 0.02 N N
Bryconamericus sp. 0.26 N N
Piabina sp. 0.11 N N
Psalidodon fasciatus (Cuvier, 1819) 0.08 N N
Tetragonopterus chalceus Spix and Agassiz, 1829 <0.01 N N

ORDER SILURIFORMES
Family Cetopsidae

Cetopsidae sp. 0.05 N N
Family Doradidae

Doradidae sp. <0.01 N N
Family Heptapteridae

Cetopsorhamdia iheringi Schubart and Gomes, 1959 0.57 N N
Imparfinis sp. <0.01 N N

Family Pimelodidae
Bergiaria westermanni (Lütken, 1874) 4.84 N N
Pimelodus fur (Lütken, 1874) 1.29 N N
Pimelodus maculatus Lacepède, 1803 11.54 N N
Pimelodus pohli Ribeiro and Lucena, 2006 63.54 N N
Pseudoplatystoma corruscans (Spix and Agassiz, 1829) 0.01 Y N

ORDER GYMNOTIFORMES
Family Sternopygidae

Eigenmannia sp. <0.01 N N
ORDER PERCIFORMES

Family Sciaenidae
Pachyurus sp. 3.89 N N
Plagioscion squamosissimus (Heckel, 1840) <0.01 N N
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Abstract: The National Ecological Observation Network (NEON) is a thirty-year, open-source,
continental-scale ecological observation platform. The objective of the NEON project is to provide
data to facilitate the understanding and forecasting of the ecological impacts of anthropogenic change
at a continental scale. Fish are sentinel taxa in freshwater systems, and the NEON program has
been sampling and collecting fish assemblage data at wadable stream sites for six years. One to
two NEON wadable stream sites are located in sixteen domains from Alaska to Puerto Rico. The
goal of site selection was that sites represent local conditions but with the intention that site data be
analyzed at a continental observatory level. Site selection did not include fish assemblage criteria.
Without using fish assemblage criteria, anomalies in fish assemblages at the site level may skew the
expected spatial patterns of North American stream fish assemblages, thereby hindering change
detection in subsequent years. However, if NEON stream sites are representative of the current
spatial distributions of North American stream fish assemblages, we could expect to find the most
diverse sites in Atlantic drainages and the most depauperate sites in Pacific drainages. Therefore,
we calculated the alpha and regional (beta) diversities of wadable stream sites to highlight spatial
patterns. As expected, NEON sites followed predictable spatial diversity patterns, which could
facilitate future change detection and attribution to changes in environmental drivers, if any.

Keywords: NEON; fish; diversity; assemblages

Key Contribution: NEON sites have collected fish assemblage data for six years. Currently, NEON
sites follow a predictable spatial pattern of fish assemblage diversity.

1. Introduction

Fish assemblage data can quantify the variety of fish species across any area and
can provide important information about land use, water pollution, habitat degradation,
and invasive species. Using fish assemblages to assess human-caused stream degradation
requires an understanding of the expected fish assemblage for that site or region [1–4].

The National Ecological Observation Network (NEON) is a thirty-year, open-source,
continental-scale ecological observation platform. The objective of the NEON project is to
provide researchers and the public with data to facilitate an understanding and forecasting
of the ecological impacts of climate, land use changes, and invasive species at a continental
scale. NEON open-source data allow researchers to access continental data collected using
uniform protocols. NEON provides infrastructure and consistent methodologies for the
collection and analysis of these data [5]. Consistent observations at a continental extent can
help users compare smaller-extent watershed studies to broader extents [6].

The NEON freshwater program is a vital part of NEON’s goal of detecting and quanti-
fying the drivers of ecological change by sampling community composition, measuring
surface and groundwater chemistry, deploying micrometeorology and in situ water quality
instrumentation in and around water bodies, and tracking habitat structures [5].
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Fish assemblages are an important component of freshwater ecosystem data. Fish
are considered sentinel taxa in freshwater systems because they are often mobile and play
essential roles in energy and nutrient transfer. Therefore, quantitative fish data are an
important component in detecting aquatic ecosystem patterns and changes (4). NEON fish
sampling methods provide fish assemblage data, which are a vital tool for researchers now
and in the future.

A foundational principle of the NEON program is that fish assemblages are a use-
ful indicator of anthropogenic influences. NEON stream sites are collocated with other
environmental data, allowing users to better understand the drivers of changes to fish
assemblage data [7–9]. A challenge to using NEON fish assemblage data is that fish assem-
blages need to be understood at both the site and biogeographic levels to assess the effects
of potential anthropogenic degradation. NEON’s wadable stream sites were selected to
answer a broad range of ecological questions at varying scales, but were not specifically
selected to represent the full range of regional fish assemblages.

Nonetheless, a key question is as follows: do NEON sites represent expected continental-
scale fish assemblage patterns? Fish assemblages in wadable stream sites are determined by
several site-specific features: these include where the site is located, habitat conditions, and
the historical pattern of fish colonization at the site [10,11]. The macroecological context
within which a site sits is often an important fish assemblage predictor. In the United States,
primarily due to glacial history and climate change, we would expect to see the highest
alpha diversities in Atlantic drainage sites, particularly in sites found in warmer lowland
river drainages [12]. Sites in Pacific drainages with colder winters, drier summers, and less
stable river drainages would be expected to have the lowest biodiversity scores [13]. We
would also expect beta diversity to show an effect on the drainage location when comparing
site dissimilarity.

Here, we use alpha and beta diversity metrics and size composition data from NEON
wadable stream sites to describe spatial patterns in NEON fish data. In describing these
spatial patterns, we seek to confirm whether NEON sites in the first years of sampling
(2017–2022) meet expected spatial fish assemblage patterns. We also check size composition
to contextualize the ecological relationship of assemblages to their sites in a manner compa-
rable to a continental scale. We use species occurrence data to inform potential differences
in seasonal and temporal sampling.

2. Materials and Methods

2.1. NEON Site Selection

The NEON observatory is divided into 20 ecoclimatic domains based on statisti-
cal geographic clustering [14]. Fish were collected at 23 wadable stream sites in 16 do-
mains, (Figure 1; Table 1; see neonscience.org for additional site information, accessed
between 1 January 2017 and 31 December 2022). NEON does not sample fish at large river
sites because the effort needed to conduct quantitative fish sampling in rivers exceeds
NEON’s resources.

2.2. Biological Sampling Windows

Fish sampling at NEON sites occurs twice per year, annually, in the spring and fall.
Because of the wide seasonal range of sites spread out from Alaska to Puerto Rico, spring
and fall cover a range of months depending on the site (Table 2). Spring sampling dates are
intended to coincide with the start of warming degree days and the start of peak greenness,
and fall sampling dates are determined to coincide with a decrease in light levels and
temperature at the site. These criteria were chosen as the fish sampling windows, as they
are an important biogeochemical catalyst and allow fish data to be associated with those
collocated biogeochemical parameters [5,14].
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Figure 1. NEON wadable stream sites in 20 ecoclimatic domains. Core sites are wilderness sites, and
gradient sites are sites with known anthropogenic stressors [15].

Table 1. NEON sites, drainages, domain numbers, and domain names.

NEON Site Name Drainage Domain Number Domain Name

HOPB Atlantic 01 Northeast

LEWI Atlantic 02 Mid-Atlantic

POSE Atlantic 02 Mid-Atlantic

CUPE Atlantic 04 Atlantic Neotropical

GUIL Atlantic 04 Atlantic Neotropical

MCDI Atlantic 06 Prairie Peninsula

KING Atlantic 06 Prairie Peninsula

LECO Atlantic 07 Appalachian

WALK Atlantic 07 Appalachian

MAYF Atlantic 08 Ozark Complex

MAYF Atlantic 08 Ozark Complex

ARIK Atlantic 10 Central Plains

BLUE Atlantic 11 Southern Plains

PRIN Atlantic 11 Southern Plains

BLDE Atlantic 12 Northern Rockies

WLOU Pacific 13 Southern Rockies
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Table 1. Cont.

NEON Site Name Drainage Domain Number Domain Name

SYCA Pacific 14 Desert Southwest

REDB Pacific 15 Great Basin

MART Pacific 16 Pacific Northwest

MCRA Pacific 16 Pacific Northwest

BIGC Pacific 17 Pacific Southwest

TECR Pacific 17 Pacific Southwest

OKSR Pacific 18 Tundra

CARI Pacific 19 Taiga

Table 2. Domain site-sampling windows.

Domain Site Spring Sampling Window Fall Sampling Window

1 HOPB 11 Apr–9 May 3 Oct–31 Oct

2 POSE 19 Mar–16 Apr 18 Oct–15 Nov

2 LEWI 19 Mar–16 Apr 18 Oct–15 Nov

4 CUPE 24 Jan–21 Feb 10 Nov–8 Dec

4 GUIL 26 Jan–23 Feb 9 Nov–7 Dec

6 KING 23 Mar–20 Apr 3 Oct–31 Oct

6 MCDI 20 Mar–17 Apr 27 Sep–25 Oct

7 LECO 15 Mar–12 Apr 12 Oct–9 Nov

7 WALK 09 Mar–06 Apr 19 Oct–16 Nov

8 MAYF 05 Mar–02 Apr 24 Oct–28 Nov

10 ARIK 21 Mar–18 Apr 20 Sep–18 Oct

11 PRIN 17 Feb–17 Mar 23 Oct–20 Nov

11 BLUE 07 Mar–04 Apr 12 Oct–9 Nov

12 BLDE 10 Jun–08 Jul 30 Aug–27 Sep

13 COMO 05 Jul–02 Aug 5 Sep–3 Oct

13 WLOU 02 Jul–30 Jul 3 Sep–1 Oct

14 SYCA 12 Jan–11 Feb 3 Jun–3 Jul

15 REDB 29 Mar–26 Apr 29 Sep–27 Oct

16 MCRA 10 Apr–08 May 23 Sep–21 Oct

16 MART 06 Apr–04 May 22 Sep–20 Oct

17 TECR 06 May–17 Jun 17 Sep–15 Oct

17 BIGC 02 Apr–30 Apr 28 Sep–26 Oct

18 OKSR 21 May–18 Jun 7 Aug–4 Sep

19 CARI 02 May–30 May 18 Aug–15 Sep

Sampling windows are 28 days long [14] and based on historic, publicly available air
temperatures from the National Oceanographic and Atmospheric Administration (NOAA)
and riparian phenology Moderate Resolution Imaging Spectroradiometer (MODIS) data.
Contingent decisions include allowing fish sampling for up to 30 days after the end of the
sampling window to accommodate staffing concerns, weather delays, and high or low
water, as documented for the data users [14]. As more years of consecutive NEON data
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become available, data used to define the sampling windows are replaced with NEON
sensor and stream discharge data, allowing the sampling to be flexible with changing site
or climate conditions over the lifetime of the NEON project.

2.3. NEON Fish Data

NEON stream sites are 1 km long and divided into 10 (80–100 m) reaches, except for
MCDI, where the sampling permit restricts the site to 500 m. Six (80–100 m) reaches are
scheduled for DC backpack electrofishing at each site (except MCDI, with three reaches
scheduled per bout), using the NEON wadable stream fish sampling protocol at every
site [16]. No major protocol changes occurred over the six years of this study. Three of
the six scheduled reaches were fixed reaches sampled every visit (Figure 2) by employing
three-pass depletion sampling. The other three reaches included random reaches that came
from a panel of seven random reaches sampled on a rotating schedule. Each random reach
was randomly selected before the first year of sampling and scheduled for sampling so
that each random reach was scheduled to be sampled at least once every three years, and
random reaches were sampled on a single pass. At MCDI, where land ownership and
permitting the restricted site length to 500 m occurred, there were five designated reaches;
therefore, each year, only two fixed and one random reach were sampled per bout per year.

Figure 2. Schematic of a 1 km NEON stream site delineated into ten 100 m reaches: 3 fixed and
7 random sampling reaches. The three fixed reaches are sampled every visit; three random reaches
are chosen each year for sampling [16].

All reaches were closed-sampled with fixed block nets set at the top and bottom of
the reach. Not all the reaches scheduled are always sampled each bout because of weather,
equipment, and logistic issues. One fixed reach per bout was the minimum effort required
for fish data to be available to the public.

Captured fish were identified to the lowest taxonomic level possible based on [17] and
the Integrated Taxonomic Information System (ITIS) online database (http://www.itis.gov
accessed on 31 July 2017). When field scientists responsible for identification were uncertain,
they used a morphospecies or identification qualifier. Some fish were identified only to
their family or genus (followed by an SP. or SPP.). Federally listed species are obscured
when published so that they appear identified at the family level; this protects listed species
and is part of the NEON agreement with the U.S. Fish and Wildlife Service.

The first fifty individuals captured from the same taxonomic identification group per
reach were wet-weighed (g) and measured to the total length (mm). After fifty individuals
from the same taxonomic identification group were measured and weighed, all fish cap-
tured in that reach from that taxonomic group were bulk-counted and not measured. This
process started again at the start of each reach sample.
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2.4. Downloading and Compiling NEON Fish Data

NEON electrofishing data were downloaded on 16 April 2023 from the NEON data
portal [18]. Taxonomic data were counted per bout from measured fish and bulk fish data.
Only first-pass data were used unless a new species was collected in a 2nd or 3rd pass
from a 3-pass depletion reach, and it was also caught at one of the single-pass reaches. The
catch per unit effort was calculated and normalized to the hour for all taxonomies captured
during a bout. Taxonomic data were counted per bout from the measured fish and bulk
fish data.

2.5. Alpha Diversity

To describe the spatial distribution of fish taxonomy at NEON stream sites, the vegan R
Package was used to calculate species richness and Shannon and Simpson metrics for each
site on a per-bout basis [19]. All first-pass, electrofishing data of both fixed and random
reaches from 2017 to 2022 were analyzed.

2.6. Beta Diversity

To test the diversity between drainages, beta diversity was mapped for all bouts from
2017 to 2022 for each of the 23 wadable stream sites, using the betadiver and betadisper
command in Vegan [19]. CPUE data were used to calculate the dissimilarities between
species observed from data via Atlantic and Pacific drainage and a principal coordinates
analysis (PCoA) distribution using a beta z distribution.

2.7. Size Composition

NEON measures individual fish sizes (total lengths and field measured wet weight)
for the first fifty individuals of each species on each electrofishing pass. The total length is
measured to the nearest 0.1 mm, and wet weight is measured to the nearest 0.1 g, with a
lower limit of 0.3 mg. The resulting dataset contained 52,882 individual measures of fish
length and wet weight from 2015 through 2022. Lengths and wet weights were compiled
and sorted by species, site, and years.

3. Results

3.1. Alpha Diversity Metrics

Since 2017, NEON has collected 112 species of fish at wadable stream sites. The
greatest number of fish species sampled were from domains 01, 02, 04, 06, 07, 08, and 10,
including 42 species sampled at NEON’s MAYF site in domain 08 and 33 at NEON’s BLUE
site in domain 11. All of these domains were Atlantic draining. The lowest scores were
recorded at domains 12, 13, 14, 15, 16, 17, 18, 19, and 20 (all Arctic and Mountain West sites).
Except for SYCA in the Desert Southwest (domain 15), species at these lower-scoring sites
were dominated by Salmonidae (Table A1).

Similarly, Shannon diversity scores were highest at NEON’s Southeastern, Southern,
Central Plains, Atlantic, and Caribbean sites and lowest at NEON’s West Coast, Arctic, and
Mountain West sites (Figure 3). Since 2017, ten sites produced fish species during spring
sampling but not in fall sampling, and nine sites yielded occurrences of fish species during
fall sampling but not in the spring sampling (Table A2). This indicates the usefulness of
seasonal sampling, as well as its hindrance to assessing annual trends.

3.2. Beta Diversity Metrics

PCoA mapping shows that some site visits in Pacific drainages were similar to some
of those in Atlantic drainages (Figure 4). However, Atlantic drainage sites have a greater
range in the fish species found at those sites, indicating a greater level of beta diversity in
Atlantic drainage sites.
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Figure 3. NEON stream—fish Shannon diversities.

Figure 4. PCoA distances for fish species sampled at NEON sites from 2017 to 2022 and apportioned
by Atlantic (black circle) vs. Pacific (red triangle) drainage.

3.3. Size Composition

Fish wet weights ranged from four orders of magnitude across all collections (Figure 5).
Individual wet weights ranged from 0.3 g (n = >13,000 individuals from multiple species) to
1000 g (n = 7 Oncorhynchus mykiss). When averaged among sites, the median fish size varied
from 0.3 to 22 g for wet weight and 31 to 144 mm for the total length (Table 3). Despite the
variation in fish size among sites, there was strong consistency in fish sizes across years
(Figure 6). For example, the grand median fish size at KING was 0.6 g, and yearly medians
ranged only from 0.3 to 1 mg in wet weight. By comparison, the grand median at WLOU
was 10 g, with yearly medians ranging from 6 to 13. In other words, fish size appeared to
vary more among sites than across years within a site (Figure 6).
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Figure 5. Distribution of 52,882 individual wet weights of fish measured in 23 NEON wadable stream
sites. The data include all fish measured from 2015 to 2022. The y-axis represents 154 taxa ranked by
the maximum fish size per taxon. Most taxon names are removed for clarity. Colors and sizes reflect
the relative wet weights of fishes (yellow = largest, black = smallest).

Table 3. Median (and upper and lower 95%iles) of individual total lengths and wet weights summa-
rized across all individuals collected between 2016 and 2022. N is the number of individual fish sizes
recorded at a stream site.

Site N Total Length (mm) Wet Weight (g)

CARI 186 144 (66 to 353) 22.1 (3 to 361)

REDB 242 142.5 (44 to 244) 27.25 (1 to 140)

TECR 876 123 (51 to 221) 17 (0 to 95)

BLDE 722 121 (65 to 215) 17 (3 to 89)

BIGC 2036 105 (31 to 215) 11 (0 to 96)

WLOU 840 104 (40 to 173) 10.5 (0 to 52)

MCRA 852 101 (41 to 158) 8.75 (1 to 37)

MART 1006 98 (57 to 154) 7.9 (2 to 32)

LECO 4456 75 (35 to 177) 3.8 (0 to 53)

HOPB 4144 62 (27 to 154) 2.2 (0 to 32)

LEWI 5641 59 (34 to 125) 2.4 (0 to 20)

MCDI 3488 55 (32 to 122) 1.6 (0 to 21)

47



Fishes 2023, 8, 552

Table 3. Cont.

Site N Total Length (mm) Wet Weight (g)

WALK 4680 55 (23 to 91) 1.4 (0 to 8)

MAYF 417 52 (6 to 144) 1.2 (0 to 35)

POSE 6019 52 (24 to 89) 1.3 (0 to 8)

OKSR 180 50 (40 to 175) 0.9 (0 to 39)

BLUE 1519 45 (18 to 126) 1.1 (0 to 25)

KING 3652 42 (22 to 107) 0.7 (0 to 12)

PRIN 3861 42 (17 to 135) 0.8 (0 to 36)

ARIK 3201 41 (21 to 95) 0.3 (0 to 10)

CUPE 890 37 (14 to 220) 0.6 (0 to 118)

GUIL 1880 33 (13 to 82) 0.3 (0 to 4)

SYCA 2094 31 (17 to 67) 0.3 (0 to 4)

Figure 6. Individual fish wet weights (n = 52,882) collected across 23 NEON stream sites from 2017 to
2022. The horizontal line shows the grand median for each site.

4. Discussion

The site-level fish assemblage richness in wadable streams was determined by several
site-specific features, but at North American temperate sites, one of the most important
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determinants was where in the continent the site was located [10,11]. In the U.S., primarily
because of glacial history and historic post-glacial fish colonization patterns, we expected
to see the highest alpha and beta diversities amongst Atlantic drainage sites, particularly
in those sites found in warmer lowland river drainages [12,13]. Sites in Pacific drainages
where post-glacial fish colonization was much more limited were expected to have lower
freshwater diversity [20]. Our results confirmed this pattern.

The NEON program is designed to monitor anthropogenic change at a continental
scale. Fish assemblages are determined by spatially extensive macroecological drivers, as
well as by local natural (barriers, natural disturbance) and anthropogenic (dams and species
introduction) factors (4). Many studies focus on more localized drivers of fish assemblage
composition, but NEON’s mission is to provide data that use measures of site-specific
conditions with the intention of scaling these conditions to the continental scale.

Because of the ability of local conditions to create anomalous fish assemblages in
comparison to regional fish assemblages, it is important to determine whether locally
collected and analyzed NEON fish assemblages represent the expected fish assemblage
distribution for wadable streams at a continental scale. If NEON selection selects regionally
anomalous sites where Pacific draining sites have high biodiversity and Atlantic draining
sites low biodiversity, future changes in regional biodiversity caused by climate and land
and water use changes may not be detected.

4.1. Spatial Patterns of NEON Stream Fish Data

NEON’s site selection is driven by several factors, including the need to have sites
represented in 19 nationwide domains. NEON sites are installed to capture local conditions
but then scale up to the continental scale. Fish assemblage composition was not a factor
used to select sites; instead, site selection was driven by the need to distribute sites along
major continental-scale ecological gradients [15]. Because of the need to place sites on such a
broad continental scale, we assumed that spatial patterns of fish assemblages would follow
continental-scale diversity patterns, with the largest number of species and the highest
alpha diversity metrics found at sites in the Plains, Prairies, Gulf Coast, Atlantic, and
Caribbean domains, opposite of the West Coast and Mountain West domains. As expected,
we found that NEON fish diversity was distributed along the expected continental-scale
patterns, with the highest diversity sites found in Atlantic drainages and the lowest diversity
found in Pacific drainages farther west. Also, sites west of the divide are dominated by
salmonids, except for SYCA in the Desert Southwest domain, where Agosia chrysogaster,
longfin dace, dominates. Eastern sites are dominated primarily by Cyprinidae, Poecilidae,
Cottidae, and Cyprinidae.

4.2. Occurence

The occurrence of fish species both seasonally and by year showed that at more diverse
sites, there was a higher likelihood of collecting fish in one bout but not another. This was
particularly true at BLUE and MAYF. Most species caught only in one bout are relatively
rare seasonally because of migratory behavior (see below). Of the 49 collection times, one
species was caught at a site during only one of the seasonal bouts, but 39 of those times, it
represented five fish or fewer. When comparing fish caught in either the 2017–2019 group
or the 2020–2022 group, 44 out of the 68 collection times represented occurrences of five
fish or less. This indicates the difficulty of collecting rare species, especially singletons
and doubletons (one or two individuals) (Table A3) [21,22]. Furthermore, spring and fall
sampling periods are more likely to coincide with fish migration periods, meaning natural
periods of presence and absence [22–25].

4.3. Spatial Patterns in Size Composition

In addition to taxonomic composition and abundance, body size provides critical
ecological information in relation to the age–structure, size–abundance [26] metabolism [27],
food web structure [28], and trophic transfer efficiencies [29]. Arranz et al. [30] used
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stream fish size spectra to detect responses to species invasion and eutrophication. Similar
analyses are possible with NEON data. For example, Pomeranz et al. [31] used NEON
macroinvertebrate body sizes to examine how size spectra scaled with temperature from
Puerto Rico to Alaska. A major benefit of NEON size data is its collection of repeated
measures over time. As shown in Figure 5, size data are consistent across the years, meaning
that future disturbances to NEON sites may reveal shifts in the size structure of fish species
relative to the baseline. Future data collected at NEON sites can reveal whether and how
disturbances affect the size structure of fish species, yielding information not only on
taxonomic persistence and abundance (from other NEON metrics) but also allowing the
ecological functions of these sites to be correlated with body size [25].

5. Summary and Conclusions

This analysis confirms that fish assemblage patterns at NEON sites follow predicted
continental-scale patterns, even though they are not selected using fish assemblage criteria.
Speciose Atlantic sites were dominated by smaller-sized fish, with the most common fish
representing at least five families. Low-diversity Pacific sites often contain only a single
species and are dominated by salmonids. Sites representing expected spatial assemblage
patterns are a good sign; potential changes to fish assemblages could be easier to detect
and attribute to environmental drivers.

It is also important to learn why some fish are present in the first three years but
not the last three years. Was this an accident of sampling, or are there other reasons (i.e.,
El Niño years vs. La Niña years)? Is it cyclical, or are those fish that were collected in
the first three years gone forever? Are some the results of narrow window spawning
migrations? Research in Brazil is currently examining this hypothesis at a large spatial scale
(via ichthyoplankton sampling) and collaborating on an important question about how fish
assemblages at a multi-continental level can maximize the benefits of NEON data [32]. The
application of more sophisticated beta diversity metrics to spatial diversity questions could
also be a valuable next step.
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Appendix A

Table A1. Species richness per site, as described by the mean number of species, spring and fall bout
means, the bout mean, highest and lowest scores, most common species (the total number caught),
and domain. Fish species are written in 6-letter code, with a star next to it indicating that the fish in
question in not native to that site. Codes are described at the bottom of the table.

Site Mean
Spring
Bout

Fall
Bout

Highest Lowest
Spring Bout Most

Com. Spec.
Fall Bout Most

Com Spec.
Domain

BLUE 20.75 17.67 30 30 5 ETHRAD (786) ETHRAD (644) Southern Plains
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Table A1. Cont.

Site Mean
Spring
Bout

Fall
Bout

Highest Lowest
Spring Bout Most

Com. Spec.
Fall Bout Most

Com Spec.
Domain

MAYF 17 17 17 23 13 NOTBAI (561) NOTBAI (1053) Ozarks Complex

PRIN 9.5 10 9 11 7 GAMAFF (654) GAMAFF (1954) Southern Plains

MCDI 9.17 7.5 10.83 13 6 CAMANO (1652) CAMANO (566) Prairie Peninsula

ARIK 7.13 6.4 8.33 10 5 ETHSPE (552) * GAMAFF (1914) Central Plains

KING 6.42 5.33 7.5 9 3 ETHSPE (790) CHRERY (4911) Prairie Peninsula

LEWI 5.81 5.2 5.17 7 4 COTGIR (1955) COTGIR (2930) Mid-Atlantic

CUPE 4.4 4.8 4 7 2 POERET (265) POERET (111) Atlantic NeoTropical

HOPB 4.19 4.6 3 7 2 RHIATR (674) RHIATR (1382) Northeast

POSE 4.19 4.2 4.17 5 4 RHIATR (1351) RHIATR (2181) Mid-Atlantic

LECO 3.44 3.5 3.4 4 3 RHIATR (755) RHIATR (1965) Appalachian and
Cumberland Plateau

WALK 2.46 2.4 2.5 4 2 RHIATR (1221) RHIATR (2811) Appalachian and
Cumberland Plateau

GUIL 2.3 2.4 2.2 3 2 POERET (3698) POERET (4199) Atlantic NeoTropical

BIGC 2.29 2.75 1.667 3 1 * SALTRU (645) * SALTRU (695) Pacific Southwest

SYCA 2.25 2.33 2 3 1 AGOCHR (2410) AGOCHR (699) Desert Southwest

OKSR 1.33 2 1 2 1 THYARC (1) THYARC (64) Tundra

CARI 1.14 0.75 1.67 3 1 THYARC (8) THYARC (87) Taiga

BLDE 1 NA 1 1 1 NA * SALFON (587) Northern Rockies

MART 1 NA 1 1 1 NA SALSP (785) Pacific Northwest

MCRA 1 NA 1 1 1 NA ONCCLA (720) Pacific Northwest

REDB 1 1 1 1 1 ONCCLA (24) ONCCLA (154) Great Basin

TECR 1 1 1 1 1 * SALFON (529) * SALFON (387) Pacific Southwest

WLOU 1 1 1 1 1 * SALFON (74) * SALFON (494) Southern Rockies and
Colorado Plateau

Etheostoma radiosum = ETHRAD, Notropis baileyi = NOTBAI, Gambusia affinis = GAMAFF, Campostoma
anomalum = CAMANO, Campostoma anomalum = ETHSPE, Chrosomus erythrogaster = CHRERY, Cottus
girardi = COTGIR, Poecilia reticulata = POERET, Rhinichthys atratulus = RHIATR, Salmo trutta = SALTRU,
Agosia chrysogaster = AGOCHR, Thymallus arcticus = THYARC, Salvelinus fontinalis = SALFON, Oncorhynchus
clarki = ONCCLA.

Table A2. Species caught during either the spring sampling or the fall sampling bout but not the
other per-site since 2017.

Site Spring/Fall Species Count

ARIK Spring Etheostoma exile 206
BLUE Fall Ameiurus melas 1
BLUE Spring Cyprinella camura 1
BLUE Fall Lythrurus umbratilis 6
BLUE Spring Micropterus punctulatus 1
BLUE Spring Micropterus salmoides 1
BLUE Spring Notropis boops 13
BLUE Spring Notropis buchanani 6
BLUE Fall Pylodictis olivaris 1
CUPE Spring Anguilla rostrata 3
GUIL Fall Tilapia rendalli 1
HOPB Spring Ameiurus nebulosus 1
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Table A2. Cont.

Site Spring/Fall Species Count

HOPB Spring Notemigonus crysoleucas 1
HOPB Spring Noturus gyrinus 1
HOPB Fall Notemigonus crysoleucas 6
KING Spring Cyprinella lutrensis 2
KING Spring Etheostoma pseudovulatum 4
KING Spring Etheostoma tennesseense 1
KING Fall Lepomis macrochirus 1
KING Fall Luxilus cornutus 1
KING Fall Moxostoma pisolabrum 1
KING Fall Phoxinus erythrogaster 78
LECO Spring Campostoma anomalum 1
LEWI Fall Cyprinella spiloptera 1
LEWI Spring Etheostoma flabellare 1
LEWI Spring Lepomis cyanellus 1
LEWI Spring Lepomis macrochirus 4
MAYF Fall Elassoma zonatum 1
MAYF Fall Erimyzon oblongus 1
MAYF Spring Lepomis auritus 2
MAYF Spring Lepomis cyanellus 1
MAYF Fall Etheostoma histrio 1
MAYF Spring Lepomis macrochirus 3
MAYF Fall Lythrurus bellus 2
MAYF Spring Minytrema melanops 2
MAYF Fall Micropterus henshalli 4
MAYF Fall Micropterus warriorensis 1
MAYF Spring Moxostoma poecilurum 10
MAYF Fall Notropis stilbius 65
MAYF Spring Pteronotropis hypselopterus 1
MCDI Fall Catostomus commersonii 1
MCDI Fall Etheostoma nigrum 133
MCDI Fall Lepomis megalotis 3
MCDI Fall Pimephales vigilax 5
PRIN Fall Cyprinus carpio 1
PRIN Spring Micropterus salmoides 2
PRIN Spring Notropis volucellus 71
PRIN Spring Pimephales vigilax 1

WALK Fall Notropis atherinoides 1

Table A3. Species caught during either 2017–2019 bouts or the 2020–2022 bouts but not over three-year
periods.

Site Species Years Caught Count

ARIK Ameiurus melas 2017–2019 16
ARIK Etheostoma exile 2017–2019 206
ARIK Fundulus zebrinus 2017–2019 20
ARIK Lepomis cyanellus 2017–2019 203
BLUE Ameiurus melas 2017–2019 1
BLUE Lythrurus umbratilis 2017–2019 6
BLUE Cyprinella camura 2020–2022 1
BLUE Micropterus salmoides 2017–2019 1
BLUE Micropterus punctulatus 2017–2019 1
BLUE Nocomis asper 2017–2019 10
BLUE Notropis buchanani 2020–2022 6
BLUE Notropis nubilus 2020–2022 1
BLUE Notropis suttkusi 2017–2019 61
BLUE Notropis volucellus 2017–2019 99
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Table A3. Cont.

Site Species Years Caught Count

BLUE Pimephales notatus 2017–2019 79
BLUE Pylodictis olivaris 2017–2019 1
CUPE Anguilla rostrata 2017–2019 3
CUPE Gobiomorus dormitor 2020–2022 4
CUPE Sicydium punctatum 2017–2019 30
CUPE Sicydium plumieri 2017–2019 45
GUIL Gambusia affinis 2017–2019 43
GUIL Tilapia rendalli 2020–2022 1
HOPB Ameiurus nebulosus 2017–2019 1
HOPB Noturus gyrinus 2017–2019 1
HOPB Salmo trutta 2017–2019 57
KING Cyprinella lutrensis 2020–2022 2
KING Etheostoma pseudovulatum 2017–2019 4
KING Etheostoma tennesseense 2017–2019 1
KING Luxilus cornutus 2020–2022 1
KING Lepomis macrochirus 2017–2019 1
KING Moxostoma pisolabrum 2020–2022 1
KING Notropis percobromus 2020–2022 1
KING Phoxinus erythrogaster 2017–2019 78
KING Noturus exilis 2020–2022 2
LEC0 Campostoma anomalum 2017–2019 1
LEWI Gambusia holbrooki 2020–2022 46
LEWI Lepomis cyanellus 2020–2022 1
LEWI Nocomis leptocephalus 2020–2022 3
LEWI Etheostoma flabellare 2017–2019 1
LEWI Lepomis macrochirus 2017–2019 4
MAYF Elassoma zonatum 2017–2019 1
MAYF Lythrurus bellus 2017–2019 2
MAYF Minytrema melanops 2017–2019 2
MAYF Notropis ammophilus 2017–2019 4
MAYF Erimyzon oblongus 2020–2022 1
MAYF Etheostoma chlorosomum 2020–2022 2
MAYF Etheostoma histrio 2020–2022 1
MAYF Etheostoma nigrum 2020–2022 7
MAYF Lepomis cyanellus 2020–2022 1
MAYF Lepomis macrochirus 2020–2022 3
MAYF Micropterus warriorensis 2020–2022 1
MAYF Notropis volucellus 2020–2022 30
MAYF Pteronotropis hypselopterus 2020–2022 1
MCDI Ameiurus natalis 2020–2022 4
MCDI Catostomus commersonii 2020–2022 1
MCDI Notropis atherinoides 2017–2019 15
MCDI Notropis shumardi 2017–2019 4
MCDI Micropterus punctulatus 2017–2019 4
MCDI Etheostoma nigrum 2017–2019 133
POSE Cottus bairdii 2017–2019 1010
PRIN Cyprinus carpio 2017–2019 1
PRIN Micropterus salmoides 2017–2019 2
PRIN Notropis stramineus 2017–2019 1
PRIN Notropis volucellus 2017–2019 71
PRIN Pimephales vigilax 2017–2019 1

WALK Cottus caeruleomentum 2017–2019 55
WALK Notropis atherinoides 2017–2019 1
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Abstract: In South Africa, freshwater habitats are among the most threatened ecosystems, and
freshwater fishes are the most threatened species group. Understanding patterns in freshwater
fish diversity, threat, invasion, and protection status are vital for their management. However, few
studies have undertaken such analyses at ecologically and politically appropriate spatial scales,
largely because of limited access to comprehensive biodiversity data sets. Access to freshwater
fish data for South Africa has recently improved through the advent of the Freshwater Biodiversity
Information System (FBIS). We used occurrence records downloaded from the FBIS to evaluate
spatial patterns in distribution, diversity, threat, invasion, and protection status of freshwater fishes
in South Africa. Results show that record density varies spatially, at both primary catchment and
provincial scales. The diversity of freshwater fishes also varied spatially: native species hotspots were
identified at a provincial level in the Limpopo, Mpumalanga, and KwaZulu-Natal provinces; endemic
species hotspots were identified in the Western Cape; and threatened species hotspots in the Western
Cape, Mpumalanga, Eastern Cape, and KwaZulu-Natal. Non-native species distributions mirrored
threatened species hotspots in the Western Cape, Mpumalanga, Eastern Cape, and KwaZulu-Natal.
Some 47% of threatened species records fell outside of protected areas, and 38% of non-native species
records fell within protected areas. Concerningly, 58% of the distribution ranges of threatened species
were invaded by non-native species.

Keywords: freshwater fishes; South Africa; biodiversity data; FBIS; species richness; threatened
species; occurrence data

Key Contribution: This study uses occurrence records downloaded from the FBIS to evaluate spatial
patterns in distribution, diversity, threat, invasion, and protection status of freshwater fishes in
South Africa. There is an urgent need for better monitoring of freshwater fishes in South Africa,
so that large-scale assessments of the status of the country’s freshwater fish fauna can be more
accurately assessed.

1. Introduction

Freshwater ecosystems across the world are under threat because they face major
impacts from human activities, including land-use change, non-native invasives, water
over-abstraction, and the climate crisis [1–4]. Consequently, many organisms that rely
on these habitats are threatened with extinction [5,6]. Recent reports indicate that almost
one-in-three freshwater taxa are threatened with extinction globally [7,8]. This is of major
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concern, given that freshwater ecosystems account for ~10% of global biodiversity and 51%
of all fish species, despite only covering 1% of the earth’s surface [8–10].

In South Africa, freshwater habitats (wetlands and rivers) are among the most threatened
ecosystem types, with freshwater fishes the country’s most threatened species group [11].
Of 105 formally described native species, 25 are classified as threatened (Vulnerable, En-
dangered, or Critically Endangered) by the International Union for the Conservation of
Nature (IUCN) Red List of Threatened Species [12]. For the 40 South African-endemic
freshwater fish species, the threat level is even higher, with two-thirds of endemics being
currently classified as threatened [13]. It is thus critical that trends in diversity, distribution,
threat status, and protection status of freshwater fishes in South Africa are comprehensively
assessed to support management approaches and conservation action.

South Africa has a rich history of freshwater fish research dating back more than
200 years [14]. The first comprehensive catalogue of freshwater fishes for southern Africa was
written by G.D.F. Gilchrist and W.W. Thompson between 1913 and 1917 [14]. Skelton’s [14]
field guide—A Complete Guide to the Freshwater Fishes of Southern Africa—followed with up-
dated information on species diversity and distribution [14]. Skelton et al. [15] undertook
the first broad-scale analysis of distribution, richness, endemism, and conservation status
of freshwater fishes in South Africa, Lesotho, and the Kingdom of eSwatini, including
94 native fish taxa and 18 non-native species [15]. In 2011, an atlas of National Freshwater
Ecosystem Priority Areas for South Africa (NFEPA) was published, which summarised
data and expert knowledge of regional freshwater ecosystems and fish distributions [16].

The most recent national-scale assessment of freshwater fishes in South Africa, by
Chakona et al. [13], summarised the diversity, distribution, and extinction risk of native
freshwater fishes. They assessed the extinction risk for 101 valid species and 18 unique
genetic lineages of native fishes, finding that 36% of South Africa’s freshwater fishes are
threatened with extinction. Important diversity and threat hotspots were also assessed,
with the Cape Fold Ecoregion [17] being identified as both a high-diversity and high-threat
region [13].

In addition to peer-reviewed research articles, the South African National Biodi-
versity Institute (SANBI), which is mandated to assess and monitor the state of South
Africa’s biodiversity through the National Environmental Management: Biodiversity Act:
Act 10 of 2004 [18], also assessed the status of South Africa’s freshwater fishes in their
National Biodiversity Assessments (NBA) conducted in 2004, 2011, and 2018 [11]. The most
recent NBA [11] assessed the threat status of 118 native freshwater fishes and found that
freshwater fishes contained the highest percentage of threatened taxa of any species group
in the country [11]. Whilst this assessment has been an important update to the status of
freshwater fishes in the country, no specific spatio-temporal analyses of the available fish
occurrence data were conducted.

Regardless of this well-established research infrastructure, long-term monitoring data
sets for South Africa’s freshwater fishes are limited [13,19], with no formalised national
or even provincial monitoring programmes currently being undertaken. Scott [20], along
with Skelton et al. [21], presented the only known Atlas of southern African freshwater
fishes, which contained 35,180 georeferenced specimen records covering 735 species from
across the region [20,21]. Data from the atlas have since been uploaded to the GBIF and
used to evaluate fish distributions and links with environmental gradients at regional
scales [21,22]. More recently, however, platforms such as FishBase [23] and GBIF [24] have
facilitated the storage of, and access to, large databases via online, open access platforms,
which has allowed government and research organisations, as well as private individuals,
to share and access data freely online. For example, the South African Institute for Aquatic
Biodiversity (SAIAB) uploaded its entire freshwater fish database to the GBIF platform [25],
thereby greatly improving access to this data set [26].

Despite the wealth of freshwater research and biodiversity information available
in South Africa, there was no central database for housing freshwater biodiversity data
until the recent development of the Freshwater Biodiversity Information System (FBIS;
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freshwaterbiodiversity.org) [19]. The FBIS is a data-rich, open access online platform
that hosts, analyses, and serves freshwater biodiversity data [19], and aims to serve as
a platform for the inventory and maintenance of freshwater data, improving access to
comprehensive and reliable freshwater biodiversity data [19]. Consequently, the FBIS
functions as a repository for freshwater biodiversity data in South Africa and has been
populated with data from a variety of key sources, including published scientific literature,
government organisations, and online databases [19]—making it the first comprehensive,
accessible national-level resource for freshwater biodiversity data in the country [19]. The
database currently hosts more than 57,000 occurrence records for freshwater fishes in
South Africa.

Given growing anthropogenic pressures on freshwater ecosystems and fish, and recent
improvements in freshwater fish data access in South Africa, there is now both an urgent
need and new opportunity for a data-driven assessment of trends in diversity, distribution,
and threat status of South Africa’s freshwater fish fauna to support improved management
and conservation decisions. Freshwater fishes in South Africa face pressure from water
abstraction [15], climate change [27–30], and the introduction of non-native species [31–33].
Given the threats to, and observed declining trends in, South Africa’s freshwater fish fauna,
assessing the conservation status and effectiveness of conservation areas at protecting
threatened fishes is both imperative and urgent [13,34].

South Africa has a relatively extensive terrestrial protected area network covering
an area of approximately 270,000 km2 [35,36]. It includes both statutory conservation
areas (e.g., National Parks) and non-statutory conservation areas (e.g., Private Nature Re-
serves) [35–37]. Whilst these protected areas offer some protection to freshwater fishes, few
conservation areas and reserves protect entire catchments [15,38], with freshwater systems,
in general, being especially neglected [39]. Consistent with global trends [40–42], South
Africa’s network of protected areas is severely lacking in terms of adequately conserving
freshwater ecosystems, with over 90% of the country’s main rivers falling outside protected
areas [43,44]. The current network only includes small components of protected river areas
that form part of much larger, degraded aquatic systems further upstream and downstream
of the parks [15,45]. Recent studies have shown that the current protected area network
does not adequately protect native freshwater fish [34,45,46], with 84% of taxa regarded
as under-protected [34]. Given that approximately 90% of freshwater species listed as
Critically Endangered, Endangered, or Vulnerable on the IUCN Red List [12] are threatened
by human-induced habitat loss [44], providing adequate protection and interventions to
prevent further habitat loss and degradation is of utmost importance. Incorporating spatial
freshwater biodiversity data into both protected area planning and management in South
Africa will improve the role of protected areas in conserving freshwater ecosystems [47–50].

We used historic-to-present-day freshwater fish data currently available on the FBIS
database to assess spatial patterns of distribution, diversity, invasion, and threat status
in South Africa at provincial and primary catchment scales. Additionally, we assessed
how well South Africa’s protected area network protects threatened species and fish
diversity hotspots.

2. Materials and Methods

2.1. Study Site

The geographic scope of this study was restricted to the Republic of South Africa
(Figure 1). Occurrence records were also limited to rivers, dams, and freshwater lakes, with
marine systems in South Africa excluded. South Africa’s freshwater fish fauna are managed
at provincial level (Figure 1B) via individual provincial conservation authorities. How-
ever, primary hydrological catchments (Figure 1C) and freshwater ecoregions (Figure 1D)
represent more ecologically relevant assessment and management extents, given that the
distribution of fishes are strongly impacted by the climate, geomorphological history, and
topography of each region [14]. Analyses for this study were therefore conducted at both
provincial and primary catchment scales.
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Figure 1. Republic of South Africa (A) showing provincial boundaries (B), primary catchments (C),
and freshwater ecoregions (D). Catchment IDs are represented, where: A = Limpopo; B = Olifants;
C = Vaal; D = Orange; E = Olifants/Doring; F = Buffels; G = Berg; H = Breede; J = Gourits; K = Kromme;
L = Gamtoos; M = Swartkops; N = Sundays; P = Bushmans; Q = Fish; R = Keishkamma; S = Kei;
T = Mzimvubu; U = Mkomazi; V = Tugela; W = Mfolozi; and X = Komati.

2.2. Data Collection and Cleaning

Occurrence records for all freshwater fish (all known primary and secondary freshwa-
ter fish, as well as catadromous species) occurring in South Africa were downloaded
from the Freshwater Biodiversity Information System (FBIS) on 30 July 2023 [51] for
further analysis.

Preliminary data cleaning was conducted in R [52]; Version 4.2.3 and ArcGIS Pro [53]
as follows. First, the data set was clipped to the political boundary of the Republic of
South Africa (Figure 1), ensuring that all records in the ocean were removed from the data
set. Next, a list of native species that have been translocated outside of their native range
(see Supplementary Material S1) was extracted from Ellender and Weyl [32]. For species
known to be native but extralimital [32], records occurring outside of the native range
of the species—based on IUCN range maps [54] and expert knowledge—were flagged.
These records were not included in the species richness counts for native, threatened,
and endemic analyses. The R package, biogeo [55] was then used to ‘autoclean’ the data
set prior to final analyses. This was done using the ‘quickclean’ function in biogeo [56],
which performs a check to determine if records are at appropriate spatial resolution,
removes records that are deemed to be erroneous, and flags duplicate records per species
per grid cell. Supplementary Material S4 provides a list of data sources included in the
final data set.
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2.3. Data Analysis

All data analyses were conducted using R ([52]; Version 4.2.3) and ArcGIS Pro [53].
Using the richnessmap function from the R package, biogeo [55], we produced species
richness maps at a quarter-degree square (QDS) spatial scale (15′ resolution). We used a
QDS resolution since accurate distribution maps for all freshwater fishes occurring in South
Africa do not currently exist [13]. This spatial scale was also used by Skelton et al. [21],
Scott et al. [20], and Skelton et al. [15]. We produced richness maps for all native, non-native,
and threatened (listed as Vulnerable, Endangered, or Critically Endangered according to
the IUCN Red List of Threatened Species) native species. Species richness was also assessed
for species endemic to a single freshwater ecoregion [19,26]. We calculated species counts
and the number of records for each species for each province and within each primary
catchment, these being considered politically and ecologically useful scales, respectively.

We conducted protected area analyses by overlaying occurrence records and species
richness maps at QDS resolution with the protected areas spatial layer downloaded from
the South African Protected and Conservation Areas Database on 10 September 2023 [35,36].
The intersections were then used to calculate number of records and distribution area found
within protected and conservation areas for native, non-native, threatened, and endemic
species. Additionally, we used species richness maps at QDS resolution for threatened and
non-native species to assess spatial overlap between these two species groups. Final maps
were produced in ArcGIS Pro [53].

3. Results

A total of 57,485 records for freshwater fish were downloaded from the FBIS. After
data cleaning, these were reduced to 55,215 records, comprising both native (n = 50,927)
and non-native (n = 4288) fishes occurring in South Africa (Figure 2). The final, cleaned
data set spans 184 years (1839–2023) and represents 129 species, of which 105 (81%) were
native and 24 (19%) were non-native. A list of species with occurrence records in South
Africa is available in Kajee et al. [26]. The data vary in time, with 89% of records being
collected between 1975 and present.

 

Figure 2. Republic of South Africa, showing primary catchment boundaries and the distribution
of available, uncleaned freshwater fish occurrence records for native (green circles) and non-native
(red crosses) species (n = 57,485 records).
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3.1. Spatial Distribution of Records

The density of records per QDS grid cell shows that data were very unevenly dis-
tributed across the country (Figure 3). At the provincial level, fish occurrence records
varied substantially between provinces (Table 1). Limpopo (n = 14,353), KwaZulu-Natal
(n = 11,411), and Mpumalanga (n = 11,411) each had greater than 10,000 records, whilst
Gauteng (n = 907) and Free State (n = 890) both had fewer than 1000 records, respectively.
Similarly, the distribution of records among primary catchments varied widely (Table 2).
Areas of relatively high density of occurrences (>100 records per QDC grid cell) were in
the northeast (Limpopo, Olifants, Komati, Mfolozi, Tugela, and Mkomazi Primary Catch-
ments) and southwest (Olifants/Doring, Berg, Breede, and Gourits Primary Catchments)
of South Africa. Conversely, large areas with no records were observed within the central
(Orange and Vaal Primary Catchments) and western (Buffels Primary Catchment) parts
of the country. On a finer scale, there were noticeable gaps in data in the northern part of
the Olifants Doring, Gourits, Mzimvubu, and Limpopo Primary Catchments, respectively.
The vast majority of grid cells contained fewer (between 1–10) records (represented in
violet; Figure 3).

 

Figure 3. Density of native freshwater fish occurrence records across South Africa per quarter-degree
square (QDS—15′) grid cell. Primary catchment boundaries are shown.

Table 1. Number of records and native, extralimital, non-native, endemic, and threatened species
occurring in each province of South Africa.

Province Records
Native
Species

Extralimital
Species *

Non-Native
Species

Endemic
Species +

Threatened
Species

Eastern Cape 2725 35 10 14 13 8
Free State 890 19 4 7 8 0
Gauteng 907 38 3 9 5 1

KwaZulu-Natal 11,411 74 8 20 13 8
Limpopo 14,353 61 6 11 7 2

Mpumalanga 11,411 65 7 12 7 6
North West 1058 37 5 7 6 1

Northern Cape 1285 39 9 9 13 1
Western Cape 8159 30 10 16 19 11

* As defined by Ellender and Weyl [32] and occurring outside of their home range. + Endemic refers only to
Regional endemic level 2, Regional endemic level 1, Micro-endemic level 2, and Micro-endemic level 1 species, as
defined by Dallas et al. [19]. Nationally endemic species were omitted.
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Table 2. Number of records and native, extralimital, non-native, endemic, and threatened species
occurring in each Primary Catchment of South Africa.

Catchment ID Catchment Name Records
Native
Species

Extralimital
Species *

Non-Native
Species

Endemic
Species +

Threatened
Species

Region A Limpopo 8355 60 7 9 7 1
Region B Olifants 9823 59 7 10 6 4
Region C Vaal 1240 34 6 10 7 1
Region D Orange 1100 37 6 8 11 0
Region E Olifants/Doring 3443 16 7 7 13 6
Region F Buffels 6 0 3 0 0 0
Region G Berg 1690 15 8 14 10 4
Region H Breede 1902 13 5 10 10 3
Region J Gourits 1269 12 7 7 7 2
Region K Kromme 488 8 4 9 6 4
Region L Gamtoos 433 10 4 6 6 2
Region M Swartkops 309 10 3 6 4 1
Region N Sundays 342 13 6 4 2 2
Region P Bushmans 243 14 5 6 3 2
Region Q Fish 293 11 5 7 2 2
Region R Keishkamma 444 12 4 11 4 3
Region S Kei 176 6 5 9 0 1
Region T Mzimvubu 713 18 5 13 3 3
Region U Mkomazi 2359 27 4 17 4 3
Region V Tugela 2089 29 3 11 5 3
Region W Mfolozi 7017 68 6 12 8 6
Region X Komati 8471 58 3 12 4 5

* As defined by Ellender and Weyl [32] and occurring outside of their home range. + Endemic refers only to
Regional endemic level 2, Regional endemic level 1, Micro-endemic level 2, and Micro-endemic level 1 species.
Nationally endemic species were omitted.

3.2. Species Richness

Native species richness per QDS grid cell (Figure 4A) followed a similar pattern to
the record density per grid cell (Figure 3) across South Africa. There were noticeable
areas of high species richness in Mpumalanga, Limpopo, and northern KwaZulu-Natal
(corresponding with the Limpopo, Olifants, Komati, and Mfolozi Primary Catchments).
Additionally, species richness was relatively high (between 10–15 species per QDS grid cell)
along the east coast of KwaZulu-Natal (Tugela and Mkomazi Primary Catchments) and in
a small cluster in the Western Cape (along the Berg-Olfiants/Doring Primary Catchment
boundary). As expected, based on the recorded occurrence density (Figure 3), species
richness was lowest in the Free State, Northern Cape, and North West Province (Orange,
Vaal and Buffles Primary Catchments).

Endemic species richness per QDS grid cell (Figure 4B) was highest in the Western
Cape Province (Olfiants/Doring, Berg, and Bree Primary Catchments) and along the south
coast of the Eastern Cape (Swartkops, Kromme, and Gamtoos Primary Catchments). There
were small clusters of higher endemic species richness in the northeastern part of the
country (Komati, Mfolozi, and Vaal Primary Catchments).

Threatened species were distributed fairly consistently in Limpopo and Mpumalanga
(Limpopo, Olifants, and Komati Primary Catchments), along the east coast of KwaZulu-
Natal (Mfolozi, Tugela, and Mkomazi Primary Catchments), and south coast of the Eastern
Cape (Keishkamma, Bushmans, Swartkops, Fish, Sundays, Gamtoos, Kromme, and Gourits
Primary Catchments) (Figure 4C). The Western Cape (Olifants/Doring, Berg, and Bree
Primary Catchments) contained the highest concentration of threatened species, followed
by the Komati Primary Catchment in the KwaZulu-Natal. There were also notable hotspots
within the Kromme and Keishkamma Primary Catchments, as well as within the Mkomazi
and Mfolozi Primary Catchments (Figure 4C).
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Figure 4. Species richness per quarter-degree square (QDS—15′) grid cell for all native (A),
endemic* (B), threatened+ (C), and non-native (D) freshwater water fish species occurring in South
Africa. Primary catchment boundaries are shown. Endemic refers only to Regional endemic level 2,
Regional endemic level 1, Micro-endemic level 2, and Micro-endemic level 1 species, as defined by
Dallas et al. [19] Nationally endemic species were omitted. Threatened species refers to freshwater
water fish listed as threatened according to the IUCN Red List of Threatened Species (Vulnerable,
Endangered, or Critically Endangered).

Non-native species richness per QDS grid cell (Figure 4D) was relatively high
(4–7 species) along the east coast of KwaZulu-Natal (Mkomazi and Keishkamma Primary
Catchments) and highest in the Western Cape (Olifants/Doring, Berg, and Bree Primary
Catchments). In general, non-native species were present in all provinces and catchments
where records were available (Figure 4D). Importantly, ‘species richness’ hotspots for
non-native species indicate grid cells where several non-native species have established
successful, self-sustaining (often invasive) populations.

3.3. Protected Areas

Of the 47,946 records for native fish species analysed in this study, 47% (n = 22,756)
occurred outside of protected areas, whilst 53% (n = 25,190) were located inside protected
areas (Figure 5). Of these, 28% (n = 6984) were located within a formally protected area,
whereas the remaining 72% (n = 18,206) were located within a conservation area (Figure 5),
as defined by the South Africa Protected and Conservation Areas Database [35,36]. When
assessing records for threatened species, a total of 5740 records were used in the final
analyses. Of these, 43% (n = 2464) were located outside a protected area, and 57% (n = 3276)
within either a formally protected area (32%; n = 1060) or a conservation area (68%; n = 2216)
(Figure 6A). Based on the QDS grid cell combined distribution, threatened species covered
an area of 328,319 km2, with only 36% of this range overlapping with South Africa’s
protected area network (Figure 6B). However, all QDS grid cells that contained more than
three threatened species (i.e., the highest density of threatened species) overlapped with
a protected area (Figure 6C). Concerningly, 58% of threatened species co-occurred in the
same grid cells as non-native species (Figure 6D).
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Figure 5. Freshwater fish occurrence records for native freshwater fish occurring within protected ar-
eas (green circles), conservation areas (green triangles), and outside of either protected or conservation
areas (red circles) in South Africa. Primary catchment boundaries are shown.

 

Figure 6. Primary Catchment map of the Republic of South Africa, showing the distribution of threat-
ened freshwater fish (listed as either Vulnerable, Endangered, or Critically Endangered according
to the IUCN Red List of Threatened Species) within South Africa’s protected areas network. Panel
(A) shows threatened occurrence records within protected areas (green circles), conservation areas
(green triangles), and outside of either protected or conservation areas (red circles). Panel (B) shows
QDS grid cell distribution of threatened freshwater fish occurring within protected or conservation
areas (green) and outside of protected or conservation areas (red). Panel (C) shows QDS grid cells
that contain the most (n = 4) threatened species. Panel (D) shows QDS grid cell co-distributions
for threatened and non-native species, indicating where threatened species do not overlap with
non-native species (green), where threatened species overlap with non-native species (red), and
where non-native species do not overlap with threatened species (pink).
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A total of 4244 records for non-native species were used in the final analyses for
non-native species occurring in South Africa. Of these 62% (n= 2625) were recorded outside
a formally protected area, whilst 38% (n= 1619) were recorded inside either a protected
area (53%; n = 870) or a conservation area (47%; n = 749) (Figure 7A). South Africa’s
total terrestrial protected area network covers 272,485 km2, of which 100,815 km2 (37%)
overlaps with non-native species distributions based on species richness grids generated at
quarter-degree square (QDS—15′) resolution (Figure 7B).

 

Figure 7. Primary Catchment map of the Republic of South Africa showing (A) records for non-native
freshwater fish occurring within protected areas (red circles), conservation areas (red triangles), and
outside of either protected or conservation areas (green circles); and (B) QDS grid cell distribution of
non-native freshwater fish within protected or conservation areas (red).

4. Discussion

We found that record density varied spatially, at both primary catchment and provin-
cial scales. The diversity of freshwater fishes also varied spatially. Native fish hotspots were
identified in Limpopo, Mpumalanga, and KwaZulu-Natal; an endemic species hotspot
was identified in the Western Cape, and threatened species hotspots were identified in
the Western Cape, Mpumalanga, Eastern Cape, and KwaZulu-Natal. Non-native species
hotspots mirrored threatened species hotspots in the Western Cape, Mpumalanga, Eastern
Cape, and KwaZulu-Natal. A total of 43% of threatened species records fell outside of
protected areas, and 38% of non-native species records fell within protected areas.

4.1. Spatial Distribution of Records

The spatial distribution of freshwater fish records was uneven across South Africa, in-
dicating that sampling across the country has been biased and concentrated in a few regions.
There are several factors that can influence the distribution of these species occurrence data.
These include the spatial extent of the original study [56,57], how data from individual stud-
ies were stored [56], accessibility of sites [58], and proximity to man-made infrastructure
such as roads [58,59], cities [60], and research institutions [59]. There is also evidence that a
higher proportion of occurrence records are collected within protected areas, or hotspots of
species richness [61,62]. Whilst there have been numerous studies [59,60,63–67] that have
sought to identify and quantify inherent bias when using large, publicly available species
occurrence data sets, adequately dealing with these biases has proven difficult, and in some
cases, even impossible [63]. One concern with working with large, historic data sets is
how these underlying biases influence analyses and ultimately the conclusions that can
be drawn. Large species occurrence data sets that are prone to bias can have far-reaching
implications for the perception of, and inferences about, macroecological patterns [66],
which limits the usefulness of these outputs. Another major issue with large historic data
sets is that species absences are very rarely reported [68]. This obviously adds additional
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uncertainty when interpreting analyses based on these data. For example, a data gap could
mean that: (i) a site was not sampled; (ii) a site was sampled and did not contain any fish
species; or (iii) a site was sampled but there was a failure to detect all fish species present.
This is especially the case for rare species, i.e., those likely to be represented by only one or
two individuals per site [69,70]. In this regard, interpretation of results from large, historic
data sets should be approached with caution.

Whilst the scope of this study did not include assessing the level of bias and spatial
autocorrelation between the distribution of man-made landmarks and the FBIS fish data
set, this is an important next step that should be carried out when conducting future
analyses at national, provincial, or catchment scales. Quantifying this will allow for better
contextualisation of these results. Additionally, the unevenness in available freshwater fish
data in South Africa speaks to the urgent need for a coordinated national and provincial
fish monitoring programme. Unfortunately, however, such biodiversity data depend on
a wealth of scientific, human, and financial resources [65], which can be a limiting factor
in South Africa’s current socio-political and economic landscape [71]. However, given
the importance of comprehensive and up-to-date biodiversity data for making informed
conservation and management decisions, adequately and strategically monitoring river
systems across the country should be prioritised.

Additionally, it is important to acknowledge that using a QDS resolution for this
assessment provided a useful, but generalised, insight into freshwater fish spatial patterns
in South Africa at a national scale. River habitats are linear systems that are not equally
distributed across the geographic landscape. As such, many QDS grid cells are simply
not sampled because there are no surface water or drainage regions with regular enough
surface water to sustain permanent fish populations.

4.2. Species Richness

The patterns of species richness, endemism, and threatened species are congruent
with previously published descriptions of South Africa’s freshwater fish diversity. Pri-
mary catchments containing the highest freshwater fish species richness in South Africa
included the Limpopo, Olifants, Komati, Mfolozi, Tugela, and Mkomazi Primary Catch-
ments, as well as along the Berg-Olfiants/Doring Primary Catchment boundary. Skel-
ton [15] also identified richness hotspots in the northeastern region of the country, with
endemism and threat hotspots in the Western and Eastern Cape [15]. Interestingly, Skel-
ton [15] attributed these hotspots to the relatively high topographical relief characteristic
of the Cape Fold Mountains. This hypothesis was supported by more recent work [72,73],
which found that South Africa’s complex geological and climate history, characterised
by tectonism and sea-level fluctuations, created unique biogeographic conditions that
allowed for the diversification of stream-dwelling taxa, particularly obligate freshwater
fishes [72,74]. More recently, Chakona et al. [13] assessed the distribution of freshwater
fishes in South Africa, using distribution records from SAIAB’s National Fish Collection
only (a subset representing ~40% of the raw data included in our study). Whilst they
assessed richness at the ecoregion scale, broad patterns in species richness are similar
to those presented here. Consequently, it is safe to conclude that the broad patterns of
richness identified are an accurate representation of the current state of freshwater fishes in
South Africa—despite the concerns regarding the bias contained within the currently avail-
able data set. Similarly, endemic species hotspots were found in the Olfiants/Doring, Berg,
and Bree Primary Catchments, and, to a lesser degree, the Swartkops, Kromme, Gamtoos,
Komati, Mfolozi, and Vaal Primary Catchments. Threatened species hotspots were identi-
fied in the Olifants/Doring, Berg, and Bree Primary Catchments, as well as the Mkomazi
and Mfolozi catchments, respectively. It is thus recommended that all QDS grid cells
identified as having high levels of species richness, endemism, and threatened species be
prioritised for resampling and monitoring, to better inform the conservation interventions
required in these catchments. Focussing effort and resources in this targeted manner could
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provide the most efficient use of the limited national, provincial, and scientific resources
available in the country.

Of particular concern was the large overlap between the distributions of threatened
species and non-native species in South Africa, with the majority (58%) of threatened
species co-occurring with non-native species (Figure 6D). Non-native species can have
profound and devastating impacts on both native threatened species and, more broadly,
freshwater habitats as a whole, and are considered a top threat to native freshwater fish
in South Africa [13,32–34,75,76]. The presence of non-native species has resulted in the
widescale extirpation of many native species from their historic distributions (especially
in mainstem rivers), with many native species now relegated to the upper reaches of
tributaries, surviving in small, fragmented populations above waterfalls or other physical
barriers that have prevented invasion by non-native species [32,34,77].

It is also important to note that this study was limited to formally described primary
and secondary freshwater, as well as catadromous, fishes based on the GBIF taxonomic
backbone and available IUCN Red List assessments. As such, the analyses presented
will likely need to be updated in the near future once: (i) experts settle on an updated
species list for freshwater fishes in the country; (ii) all species in South Africa have had
their threat status assessed; and (iii) ongoing taxonomic revisions for several species suites
are formalised [13,78–82].

4.3. Protected Areas

We found that South Africa’s protected area network [35,36] does not adequately
cover the distributions of threatened species in the country. That 57% of South Africa’s
freshwater fish records were located within a protected or conservation area suggests
a strong bias towards sampling in those areas, because they account for only ~20% of
South Africa’s total land surface area (Figure 6A). Moreover, only 36% of the total area
occupied by threatened species occurs within a protected or conservation area (Figure 6B).
On the one hand, this indicates that the majority of threatened species distributions are
not under formal protection and at heightened risk of extinction. Conversely, however,
this level of protection is relatively high, when compared to the percentage of terrestrial
land area under protection globally [38,49]. Furthermore, 37% of the country’s formal
protected area network is invaded by non-native species, with a high percentage over-
lap between threatened and non-native species at the QDS scale (Figure 6D). As such,
threatened freshwater fish in South Africa still face direct threats from non-native species,
even though it may appear that these species are well-considered in the protected area
network. Thus, our findings add further evidence to the growing body of research that
considers South Africa’s protected area network to provide inadequate protection for sensi-
tive freshwater species. Kleynhans [83], Nel et al. [43], Abell et al. [44], and Nel at al. [49]
all concluded that South Africa’s protected areas did not adequately conserve freshwater
ecosystems, with the majority of rivers falling outside the protected area network. Of
the rivers located in South Africa, 70% are classified as either Not Protected or Poorly
Protected [39]. Furthermore, of the river systems that are formally protected, almost
half of these have already been degraded by human activities upstream of the protected
area [49,83].

For example, a comprehensive assessment of the 19 National Parks managed by SAN-
Parks found that the National Parks protected network only includes small components
of protected river areas that form part of much larger, degraded aquatic systems further
up- and downstream of the parks [45]. Consequently, very few sites within National Parks
contain freshwater fishes that are not under direct threat from land-use change, habitat
loss, and non-native species impacts [45]. Similarly, an analysis of the National Parks and
nature reserves within the Cape Floral Kingdom (roughly the same geographic range as the
Western Cape Province) found that, whilst protected areas do contain populations of most
native fish, actual protection was impaired because species ranges extended beyond the
boundaries of protection or were protected in rivers with substantial invasion by non-native
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species [44,46]. More recently, Jordaan et al. [34] also found that protected areas in the
Cape Fold Ecoregion did not adequately protect native freshwater fish, with 84% of taxa
regarded as under-protected [34].

However, there has been some improvement to the level of protection afforded to
South Africa’s threatened fish populations. Firstly, the NFEPA project developed a se-
ries of strategic spatial maps, prioritising the conservation of the country’s freshwater
ecosystems [16]. Importantly, the NFEPA provides for Fish Sanctuaries and associated
Fish Support Areas, which includes rivers that are essential for protecting threatened and
near-threatened freshwater fish native to South Africa [16]. Furthermore, the NFEPA also
highlights important Upstream Management Areas, which flag sub-quaternary catchments
where human activities need to be carefully managed to prevent degradation of down-
stream river Fish Sanctuaries and Fish Support Areas [16]. More recently, Kajee et al. [82]
reported on the first inclusion of freshwater fishes into the DFFE National Environmental
Screening Tool [84]. This process provided an additional layer of protection for South
Africa’s threatened freshwater fish species, along roughly 50,000 km of river habitat [82].
However, it is also important to acknowledge that South Africa’s freshwater fish fauna
have the potential to serve as a vital food and income source for rural communities that face
extreme levels of poverty and food insecurity [85]. Subsistence fishing activity, in response
to modern socio-economic circumstances, was recorded at 77% of dams in South Africa,
with recent studies indicating that more than 1.5 million people are involved in freshwater
angling activities, in an industry worth approximately ZAR 9 billion annually [85,86].
Consequently, there is a need to reimagine the country’s protected area network to better
safeguard freshwater fish, and freshwater habitats in general, whilst also accounting for
the socio-economic needs of rural communities in South Africa.

4.4. Limitations

Whilst these results will no doubt be useful for researchers, catchment and provincial
conservation managers, and policymakers, there are limitations to our study. Given that
the basis of this assessment is occurrence records sourced from an open access biodiversity
database [19,51], analyses at national (and even sub-national) scales were complicated
by a lack of consistency in the types of metadata available for each record. For example,
inconsistent abundance and effort data limited our ability to undertake additional diversity
analyses. Additionally, working with a large data set (in our case, more than 50000 records)
can make manual cleaning of raw data unsustainably time-consuming. In this study, we
chose to follow the methods of Robertson et al. [55] and used the biogeo R package to
‘autoclean’ our data prior to analysis. Whilst this approach seems to have worked well
when assessing species richness patterns across the country, further scrutiny of species lists
at provincial and catchment levels revealed some inaccuracies.

For example, when reviewing the final species lists for the Olifants/Doring Primary
Catchment (a catchment known to the authors), we found that there were inaccuracies in the
final number of native, endemic, and threatened species reported in the catchment. Most
notably, our data indicated that there were 16 native species occurring in the catchment.
However, a literature search, along with expert consultations, revealed 11 such species in
this catchment. Further scrutiny revealed that five species (Labeo rosae, Pseudobarbus burchelli,
Pseudobarbus burgi, Pseudobarbus capensis, and Sandelia capensis) had occurrence records in the
catchment, when in fact none of these species are known to occur in the area. These records
(n < 10) are likely a result of misidentifications or inaccurate GPS coordinates. Regardless,
their existence undermines the potential benefits of using large, historic data sets to assess
species diversity at large spatial extents. Accurate cleaning of this dataset prior to analysis
was beyond the scope of this study but should be a priority for such analyses in the future.
This would need to be expert-driven and would require substantial time and resources.
We suggest that such a project be planned and coordinated by a national body, such as the
SANBI or the SAIAB. As such, we chose to include these occurrences in our assessment,
but to flag them in our final species list reports (see Supplementary Materials S2 and S3).
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Additionally, our study focussed only on the spatial patterns of freshwater fishes, without
conducting a detailed temporal analysis of the data, which fell outside the scope of our
study. It is important to acknowledge that these data could, and likely are, influenced
by inter-specific temporal variation in the data. Consequently, this study, and the pub-
lished species list, should act only as a first step towards understanding species richness
at national, provincial, and catchment scales. A logical next step would be to repeat this
study, after having spent the time to thoroughly clean the data set (as was done for threat-
ened fish taxa only by Kajee et al. [82]) and conduct a comprehensive temporal analysis
of the data.

5. Conclusions

We present the first assessment of the status of freshwater fish distributions in South
Africa using all available data sources from the FBIS. While acknowledging the shortcom-
ings of working with a large, historic data set is important, the patterns emerging from this
assessment do adequately identify key fish richness, endemism, and threat hotspots. These
patterns are broadly aligned with historic and current expert-driven assessments. This
provides a much-needed snapshot of the most important geographic areas for freshwater
fishes, and a valuable resource for identifying scientific, conservation, and management
priorities in South Africa. We also present the first national-scale assessment of the effec-
tiveness (in terms of geographic coverage and invasion status) of South Africa’s protected
area network in protecting threatened freshwater fishes. We concluded that the current
protected area network is not sufficient to functionally conserve threatened species and
prevent future population or species extinctions, given that the majority of the distributions
of these species are either outside of the protected area network, invaded by non-native
species, or do not have adequate upstream protection. Future interventions should pri-
oritise systematically sampling river systems to fill in identified data gaps, developing
strategic long-term monitoring programmes in key hotspot catchments, the comprehen-
sive cleaning of available data to produce accurate distribution maps for all species, and
reimagining protected areas to better conserve freshwater fishes.
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presented in this paper are based.
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Abstract: Conservation of indigenous species, especially endemic ones, is of the utmost importance.
Morphological determination of species is usually not sufficient; therefore, molecular phylogenetic
analyses of the Illyrian chub, Squalius illyricus, and the Zrmanja chub, Squalius zrmanjae, from the Krka
River were performed. For the genetic characterization of the mitochondrial gene cytochrome b and
the non-coding nuclear region Cyfun P, 15 specimens from each species were subjected to analysis.
The obtained sequences were aligned with similar ones from GenBank to determine the taxonomic
and phylogenetic position of these species. The obtained molecular results imply that S. zrmanjae
from the Krka River has a nuclear region that resembles Dalmatian rudd, Scardinius dergle. This result
implies an introgression event and the transfer of genetic information between the two genera. The
investigated species are on the IUCN Red List of Threatened Species, their biological data are scarce,
and further investigation and protection are needed.

Keywords: Leuciscidae; cyt b; endemic species; Squalius

Key Contribution: We investigated two fishes endemic to the Adriatic basin—the Illyrian chub,
Squalius illyricus and the Zrmanja chub, Squalius zrmanjae—both on the IUCN Red List of Threatened
Species. They are protected by national law but their biological and molecular data are scarce, and
data for their nuclear markers do not exist. The results obtained from molecular markers imply an
introgression event and the transfer of genetic information between the two genera, Squalius and
Scardinius, which have to be taken into consideration in the future conservation of these species.

1. Introduction

The cyprinid genus Squalius includes around 28 species in Europe [1]. They are small-
to large-sized fishes adapted to diverse habitats. Specimens can be found in streams, slow-
flowing rivers, and even lakes. According to Kottelat and Freyhof [1], seven species can be
found in Croatia: Chub Squalius cephalus (L. 1758); Illyrian chub S. illyricus, Heckel & Kner
1858; Makal dace S. microlepis, Heckel 1843; Cavedano chub S. squalus (Bonaparte, 1837);
Neretva chub S. svallize, Heckel & Kner 1858; Livno masnica S. tenellus, Heckel 1843; and
Zrmanja chub S. zrmanjae, Karaman 1928).

Squalius illyricus (Figure 1a) is on the IUCN List of Near-Threatened species (NT)
(https://www.iucnredlist.org/species/61381/12469652, accessed on 10 February 2023) and
is internationally protected by the Bern Convention. Moreover, it is an indigenous Croatian
species, as well as endemic to the Adriatic Basin [2]. It inhabits a very small area—the

Fishes 2024, 9, 4. https://doi.org/10.3390/fishes9010004 https://www.mdpi.com/journal/fishes74



Fishes 2024, 9, 4

Cetina and Krka river basins— and it can be found in clean and swift karstic rivers and
lakes. Biological data on this species are very scarce. S. zrmanjae (Figure 1b) is a Croatian
Near-Threatened (NT) species (https://www.iucnredlist.org/species/60794/12399825,
accessed on 10 February 2023) that can be found only in the Zrmanja and Krka catchment
areas [2–4]. It is also indigenous to Croatia and endemic to the Adriatic basin [2]. Karstic
streams are a natural habitat for this species, but the biological data are not sufficient.
These two species are morphologically very similar and scale pigmentation is used as a
distinguishing criterion, as are eye diameter and snout appearance. Therefore, molecular
analysis will provide additional information in determination of the species.

 

Figure 1. Investigated species, (a)—Squalius illyricus and (b)—Squalius zrmanjae.

Research in the fields of taxonomy and phylogeny of fishes has been both intensive and
extensive over the last three decades, using a wide range of different techniques. Molecular
methods such as the sequencing of a specific gene or the entire genome have generally been
used for these purposes. The Leuciscidae is the most investigated fish family in Europe,
particularly the genera Leuciscus, Chondrostoma, Scardinius and Rutilus [5–11].

DNA sequences of mitochondrial genes, especially of cytochrome b (cyt b), are widely
used to establish phylogenetic relationships between different organisms [12]. Cyt b is a
highly conserved protein-encoding region that evolves slowly, is suitable for monitoring
evolutionary processes, and is convenient for detecting differences between closely related
species [13,14]. Mitochondrial markers represent only the maternal lineage and provide
very little information about hybridization unless combined with information obtained
from nuclear markers or geographic data [15].

Cyprinid fishes are known for frequent intergeneric hybridization and numerous dif-
ferent intrageneric and intergeneric hybrids have been described [16–21]. In the subfamily
Leuciscinae, the nuclear region Cyfun P (Cyprinid formerly unknown nuclear Polymor-
phism) displays large intergeneric length variations caused by various deletion or insertion
events. This nuclear region is useful for the detection of intergeneric hybridization [22,23].
Therefore, nuclear DNA is suitable for resolving relationships among higher taxonomic
levels and detecting hybridization due to segregation of species-specific alleles. Due to the

75



Fishes 2024, 9, 4

fact that nuclear genes have a low evolutionary rate and are unlikely to undergo mutational
saturation, they provide important information complementary to mitochondrial genes.

As suggested by Vadas & Orth [24], the habitat use of fishes as well as their associations
within the habitat can provide us with additional information about possible hybridization
events between species occupying the same habitat. From this point of view, S. illyricus
is a benthopelagic species that inhabits clean, fast karst rivers and lakes with a water
temperature of 5–25 ◦C. S. zrmanjae is a rheophilic species that mainly inhabits karst
streams but can also be found in lake areas. During sampling, these two species have been
found at the same locations, potentially giving them the opportunity for hybridization,
although their spawn timings have not been studied. Seeing hybridization as a viable mode
of speciation [25], these two species have numerous ways and opportunities to develop
all the possible different forms of this process. Being a Near-Threatened species with a
very small distributional area, this is an extremely important issue, which is essential to
the future conservation of these two species. Looking at the history of potential hybrids in
fishes [25–28], it is evident that hybridization as a process is constantly present in nature,
potentially as a possible mode of speciation and evolution, but it is also true that hybrids in
fishes are difficult to detect and to determine. For certain species of fish that were supposed
to be hybrids, it was found not to be. To prove this, it was necessary to apply modern
techniques and methods that have been developed for years. Sequencing is a convenient
tool for identifying differences that is especially applicable to small populations of native
species that face extinction. However, determining whether a certain species is a hybrid or
a valid species requires numerous other data.

The purpose of this study was to perform molecular analysis of specimens of S.
illyricus and S. zrmanjae from the Krka River, due to their morphological resemblance, in
order to genetically characterize these species. The aim was to obtain insight into the
phylogenetic structure of the closely related species and to verify the taxonomic status
of these two species, which are endemic to Croatia with a relatively small distribution
area. Using mitochondrial and nuclear markers, we tried to assess the possibility of
hybridization. The results obtained will provide additional information on these two
endemic species and stimulate further research and the necessary measures to protect these
Near-Threatened species.

2. Materials and Methods

The Krka River belongs to the Adriatic Sea basin and is 72.5 km long with a total
slope of 224 m. The hydrological basin of the Krka River covers an area of approximately
2500 km2. It is not considered polluted [29], and forms the basis of the Krka National Park
(NP). About 20 species of fish inhabit the Krka River, more than half of which are endemic
to the Croatian ichthyofauna [2,4,30].

Seven sampling sites (Figure 2, Table 1) were selected along the length of the Krka
River. Sampling for the molecular analyses was carried out during the field trips from
December 2006 to October 2008.

The fish were sampled with an electrofishing device (Hans Grassl, EL63 II GI, 5.0 KW,
Honda GX270, 300/600 V max., 27/15A max.) according to the Croatian standard: HRN
EN 14011:2005 Water quality—Sampling of fish with electricity. The captured fish were
kept alive in a tank with aerated water until further processing. The fish were anesthetized
in a separate tank with buffered MS-222 (Sigma-Aldrich, Taufkirchen, Germany). Vouchers
(fixation with buffered 4% formaldehyde, deposited in 75% ethanol) were deposited at the
Faculty of Science, University of Zagreb, Croatia. Identification of fishes was performed
according to Kottelat and Freyhof [1]. First, biometric data were recorded, including
total length, standard length and total mass, while the Fulton condition index was later
calculated according to Rätz and Lloret [31]. The tip of the anal fin was cut off and preserved
in 96% ethanol or stored at −80 ◦C until further DNA analyses in the laboratory.
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Figure 2. Study area marked with sampling sites along the length of the Krka River (1—Krka
River spring; 2—Krka River upstream of the Butižnica River tributary; 3—Lake Brljan; 4—“Krka”
monastery; 5—Roški Slap waterfall; 6—Lake Visovac; 7—Skradinski Buk waterfall).

Table 1. Sampling sites on the Krka River.

No. Name of the Sampling Site Coordinates

1. Krka River spring 44◦02.563′ N, 16◦14.412′ E
2. Krka River upstream of the Butižnica River tributary 44◦02.295′ N, 16◦10.347′ E
3. Lake Brljan 44◦00.343′ N, 16◦02.444′ E
4. “Krka” monastery 43◦57.538′ N, 15◦59.833′ E
5. Roški Slap waterfall 43◦54.140′ N, 15◦58.815′ E
6. Visovac Lake upstream from waterfall Skradinski Buk 43◦48.349′ N, 15◦58.693′ E
7. Skradinski Buk waterfall 43◦48.426′ N, 15◦58.110′ E

A total of 237 specimens of S. illyricus and 267 of S. zrmanjae were caught in the Krka
River during sampling, representing 18.96% and 21.38% of the total catch, respectively
(Table S1). Altogether, 30 specimens were subjected to DNA analyses, 15 from each species.
The partial cyt b sequence (1140 bp) was used for phylogenetic analysis. Newly obtained
cyt b sequences were uploaded into the GenBank database (GenBank ID: JQ663535.1,
JQ663536.1 and OR791603-OR791610). The nucleotide composition of the cyt b was in
accordance with previous findings on closely related genera [11,32–37].

Total genomic DNA was extracted using the DNeasy Blood & Tissue Kit (Qiagen,
Hilden, Germany) according to the spin-column protocol. The partial cyt b gene (1140 bp)
was amplified in two overlapping fragments using the following primers: L15267 (5′-
AATGACTTGAAGAACCACCGT-3′) and H16526 (5′-CTTTGGGAGYYRRGGGTGRGA-
3′) [36]. The PCR reaction mixtures contained 4 U AmpliTaq DNA Polymerase (Applied
Biosystems, Waltham, MA, USA), 1 × PCR buffer (without MgCl2, Applied Biosystems,
Waltham, MA, USA), 2.5 mM MgCl2, 200 μM dNTPs (Sigma, Steinheim, Germany), 400 nM
of each primer and approximately 5 μg/μL of DNA in a final volume of 100 μL. Reactions
were subjected to the following thermocycling protocol: initial denaturation (94 ◦C: 3 min),
30 cycles (94 ◦C: 30 s; 55 ◦C: 30 s; 72 ◦C: 1 min) and final extension (72 ◦C: 7 min). PCR
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products were examined on a 1.7% agarose gel using electrophoresis and subsequently
purified (QIAquick Gel Extraction Kit, Qiagen, Hilden, Germany). Sequencing was per-
formed using the ABI PRISM® 3100 Avant Genetic Analyzer (Rud̄er Bošković Institute
DNA service) or at Macrogen Inc. in Seoul, Republic of Korea.

To test for putative hybridization and to support the cyt b results, the highly variable
noncoding nuclear region, Cyfun P [23], was sequenced. Primers for this nuclear region
have already been used for several species of fish [22]: Cyp_unFLP1F (5′-AAGTGGTGC-
ATCGTGTTGTG-3′) and Cyp_unFLP1R (5′-CAGCCTGAACAATCAAAACAG-3′). The
PCR reaction mixtures were identical to those used for cyt b, but the cycling protocol was
somewhat different: initial denaturation (94 ◦C: 3 min), 35 cycles (94 ◦C: 15 s; 55 ◦C: 20 s;
72 ◦C: 45 s) and final extension (72 ◦C: 7 min). Purification and further sequencing of the
PCR products were performed as described for cyt b.

The BLAST network service (http://www.ncbi.nlm.nih.gov, accessed on 13 November
2023) was used for sequence homology search. Multiple alignments were performed with
CLUSTALW Ver. 1.6 [38] using the default parameters. Ambiguously aligned regions were
determined using the program Gblocks 0.91b under less stringent parameters [39] and ex-
cluded from further analyses. Aligned sequences were imported into MEGA version 6 [40],
where the phylogenetic relations of sequences in the datasets were analyzed using maxi-
mum likelihood (ML) [41]. The tench Tinca tinca (L. 1758) (Tincidae) was selected as the
outgroup. Support for the nodes in the trees was estimated via bootstrapping (1000 boot-
strap replicates in ML). The model for the ML analysis was selected using Modeltest 3.7 [42].
The Akaike Information Criterion (AIC) indicated TrN + I (Tamura Nei with invariant sites)
for the cyt b and HKY + G (Hasegawa–Kishino–Yano with gamma distributed sites) for
the Cyfun P. Initially, a large maximum likelihood tree was constructed, containing almost
150 total sequences from various species. The phylogenetic tree was then reduced to the
current number of sequences by eliminating the sequences. Pruning was performed by
hand, leaving at least one specimen of each original species and taking into consideration
only the most unusual and distant sequences. To ensure the correctness of the pruned tree, a
new maximum parsimony (MP) [43] tree containing all original sequences was constructed
and compared with the pruned tree to ensure that no major differences occurred.

3. Results

S. illyricus and S. zrmanjae showed differences in nucleotide composition; A:T:G:C
were 26.1:28.4:16.8:28.6 and 27.0:28.6:15.9:28.5, respectively. The sequence identity matrix
showed 0.918 similarity between these two species from the Krka River.

Phylogenetic relation between S. illyricus and S. zrmanjae from the Krka River was
established in the phylogenetic analysis, which included 44 sequences of closely related
species obtained from GenBank, the majority of which originated from the work of Perea
et al. [44]. Previously known and published sequences for these two species (GenBank ID:
AJ251092.1, AJ251093.1, AJ251094.1, HM560183.1, HM560184.1, HM560213.1, MN166108.1
and MN166113.1) were also included in the analysis (Figure 3). Our S. illyricus sequences
(GenBank ID: JQ663535.1 and OR791603-OR791607) grouped together with an S. illyri-
cus (GenBank ID: MN166108.1) from the Krka River and other S. illyricus (GenBank ID:
AJ251094.1, HM560183.1 and HM560184.1) haplotypes from the Cetina River (Croatia) with
high bootstrap values. S. zrmanjae (GenBank ID: JQ663536.1 and OR791608-OR791610)
grouped together with another S. zrmanjae (GenBank ID: AJ251092.1) from the Krka River
(Croatia). The positions of investigated S. illyricus and S. zrmanjae from the Krka River in
the phylogenetic tree indicate two divergent species.
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Figure 3. Phylogenetic relation of Squalius illyricus and Squalius zrmanjae (obtained sequences are
shown in bold) based on mitochondrial cytochrome b (cyt b) nucleotide sequences. Bootstrap values
(1000 replicates) are indicated by the line.

The same specimens subjected to cyt b analysis were used for characterization of the
highly variable noncoding nuclear region, Cyfun P. The sequence identity matrix showed
relatively low similarity between S. illyricus and S. zrmanjae from the Krka River (0.774), as
base composition, A:T:G:C, was 39.8:28.4:16.2:15.5% and 35.0:31.2:16.9:16.9%, respectively.
Further, the nucleotide sequence length of this marker was different in these two species,
394 and 343 bp, respectively. The Cyfun P sequences obtained were uploaded into the
GenBank database (GenBank ID: JQ663537.1, JQ663538.1 and OR791611-OR791614).

Because hybridization of the species can be demonstrated with this marker, a phy-
logenetic analysis of the noncoding region was performed. The results show that the
analyzed species were separated into two clusters supported by the high bootstrap values.
S. illyricus was grouped with the Squalius species and S. zrmanjae with the Scardinius species
(Figure 4). The sequence identity matrix showed a high similarity between S. zrmanjae
and, the Dalmatian rudd, Scardinius dergle Heckel & Kner 1858 (GenBank ID: JF727578.1)
from the Krka River (1.000), but also with the other sequences of S. dergle (GenBank ID:
JF727577.1. and AY831428.1).
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4. Discussion

The analysis based on cyt b (Figure 3), showed that the S. illyricus haplotypes from the
Krka River (GenBank ID: JQ663535.1 and OR791603-OR791607) were grouped in a cluster
with the S. illyricus haplotypes (GenBank ID: AJ251094.1, HM560184.1, HM560183.1 and
MN166108.1) from the Cetina River in Croatia. Because these two rivers are adjacent, this
result was to be expected.

On the other hand, in the reconstructed phylogenetic tree there are two distinct, distant
groups comprising the haplotypes of S. zrmanjae. In one group, which is closely related to
the group of S. illyricus, there is one haplotype of S. zrmanjae from the Krka River (GenBank
ID: MN166113.1) and two from the Zrmanja River, Croatia (GenBank ID: AJ251093.1 and
HM560213), as well as three haplotypes of the closely related species S. svallize (GenBank
ID: HM560206.1, HM560207.1 and MN166103.1) from Bosnia and Herzegovina. In the other
group, which is distant from the previous one, our haplotypes of S. zrmanjae (GenBank ID:
JQ663536.1 and OR791608-OR791610) are grouped together with another one from the Krka
River (GenBank ID: AJ251092.1). The grouping of two haplotypes from the Krka River is
to be expected, but it is curious that these two groups of S. zrmanjae are so far apart in the
phylogenetic tree. The reason for this is probably that the haplotypes from the Krka and
Zrmanja River do not belong to the same species. Although they are geographically close
to each other (the Krka and Zrmanja river basins are connected through the karstic terrain),
DNA sequences of fish from these two rivers comprise different species. It should be noted
that the different grouping of haplotypes of S. zrmanjae probably presents two different and
distinct species. This issue should be resolved with a larger number of samples of fishes
from these two rivers.

The phylogenetic tree based on the highly variable noncoding nuclear region, Cyfun
P, positions S. illyricus with other Squalius species and S. zrmanjae with Scardinius species
(Figure 4). These results, together with the sequence identity matrix (high similarity
between S. zrmanjae and S. dergle (GenBank ID: JF727578) from the Krka River—1.000),
imply that our species, S. zrmanjae, in addition to obvious morphological characters of
the genus Squalius (Table 2), had the nuclear region, Cyfun P, that resembles the genus
Scardinius. “S. zrmanjae” could be a hybrid, and our results demonstrate an introgression
event and transfer of genetic information between these two cyprinid genera. This would
not be the first case of a hybrid specimen between S. dergle and a representative of the
genus Squalius. In the work of Freyhof et al. [33], a hybrid specimen of “S. dergle” had
a cyt b sequence similar to the sympatric species S. tenellus, although it did not show
morphological characteristics of the genus Squalius. The authors demonstrated a transfer of
genetic information between two related but distant cyprinid genera. The genera Scardinius
and Squalius separated phylogenetically in the middle Miocene, approximately 10 Ma [45].

Table 2. Morphological characters of the genus Squalius and Scardinius [1,33].

Morphological Characters Scardinius Squalius

Body shape Compressed Cylindrical
Shape of the posterior anal-fin margin Concave Convex

Mouth position Superior Terminal
Pharyngeal teeth Slightly serrated Smooth

Branched anal rays 10 8–9 1
2 *

Gill rakers 10–13 12–16 **
Lateral line scales 38–41 46–54 or 44–49*

* S. illyricus and S. zrmanjae; ** S. tenellus.

Hybridization between species involves mating between unrelated organisms re-
gardless of the taxonomic status and in some cases may lead to gene transfer, a complex
evolutionary process occurring in freshwater fishes [34]. Introgression occurs when hy-
brids backcross with one or both parental species [46]. For freshwater fish, cyprinids are
known to exhibit higher rates of hybridization than other groups of fish, which is especially
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evident for Leuciscidae, for both interspecific introgressions [16,21,47,48] and intergeneric
hybrids [33,49–52]. Of course, there are numerous cases of introgressive hybridization in
other groups of fish [53–56], but at the beginning of the century, already, 62 different intra-
and intergeneric hybrids were described for leuciscine species in the wild [19].

The geographic proximity of the investigated species explains the close phylogenetic
relationship with the Italian species. The investigated species grouped together with the
species from other countries in this region, which is in agreement with the hypothesis
of peri-Mediterranean dispersal of freshwater fishes. This explanation concurs with our
haplotypes of S. zrmanjae in the phylogenetic tree. The species related to our specimen
occur in Albania, Greece, Italy, Slovenia and, of course, Croatia. Other haplotypes of S.
zrmanjae from GenBank group together with our S. illyricus haplotypes. The majority of
these haplotypes consist of native species from Croatia or the nearby countries of Bosnia
and Herzegovina and Italy.

Research from Ketmaier et al. [57] supports the hypothesis of peri-Mediterranean
dispersal of freshwater fishes during the “Lago Mare” phase of the Mediterranean Sea [58].
While this is accurate for the genus Telestes, the genus Scardinius had a different dis-
persal route. The intraspecific divergence of the genus Scardinius occurred between
1.35 ± 1 Ma [57]. Sea-level decline during the Messinian crisis probably increased the
isolation of certain populations [59]. Future research on other groups of fish with a similar
pattern of geographic dispersal can provide insight into the history and evolutionary re-
lationships between species of fish, but also could clarify the events that led to the origin
of new species and their dispersal in this region. The work of Sabolić et al. [60] on the
morphological diversity and relationships of the populations of S. dergle and S. plotizza
from Croatia and Bosnia and Herzegovina helps to clarify the taxonomic relationships and
population status of one of the investigated genera in this work, but there is certainly a
need for further molecular research on the phylogenetic relationships and taxonomy of
these species.

Further work on the genus Squalius is needed, possibly with the introduction of ad-
ditional markers (mitochondrial COXI and nuclear RAG-1 and S7 genes), as used by Buj
et al. [35], and more samples from small tributaries should be included in this research. This
is necessary because we found that the existing mitochondrial haplotypes of S. zrmanjae
actually represent two different and distant species in the phylogenetic tree. Although
further progress has been made on this topic [35], a similar finding has not been discovered.
The authors were able to identify hybrid individuals among the Squalius species, confirm-
ing that hybridization is a widespread phenomenon in the Adriatic region. The haplotype
from the Krka River is probably a hybrid whose mitochondrial genome originates from
the species S. dergle, although morphological characteristics indicate a similarity with the
genus Squalius. Buj et al. [35] found one sample from the Zrmanja River with S. illyricus
mtDNA and the other from the Krka River with S. zrmanjae mtDNA. This shows that
mtDNA intrageneric introgression and, in our case, intergeneric introgression are present.

Knowledge of the systematic relationships in the Croatian freshwater ichthyofauna
is still incomplete, and further molecular analyses are required to solve taxonomic and
systematic problems where morphology is not sufficient. There are 52 native species of
fish in Croatian freshwaters [2] and intensive research is of great importance for their
protection. If the probability of hybridization between endemic species of two different
genera is relatively high, as we have found, then the importance of further molecular as
well as morphological research of these species becomes even greater.

5. Conclusions

The aim of this study was to investigate both mitochondrial and nuclear markers
of two native and Near-Threatened species. These species have very small distribution
areas and phylogenetic analysis is of the utmost importance in addition to morphological
analysis. Using the mitochondrial marker cyt b, we confirmed the previous phylogenetic
position of the investigated species. However, the results of the nuclear marker indicated
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that S. zrmanjae may be a hybrid and that there may have been a transfer of genetic infor-
mation between two cyprinid genera, Squalius and Scardinius. For conservation measures,
the occurrence of hybridization presents a potential problem that needs to be resolved. Fol-
lowing the guidelines proposed by Allendorf et al. [28], further genetic investigations with
additional markers (e.g., COI, RAG1) are needed to identify which type of hybridization
occurred, define hybrid zones and accordingly consider which protection measures would
be most efficient.
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8. Milošević, D.; Winkler, K.A.; Marić, D.; Weiss, S. Genotypic and phenotypic evaluation of Rutilus spp. from Skadar, Ohrid and
Prespa lakes supports revision of endemic as well as taxonomic status of several taxa. J. Fish. Biol. 2011, 79, 1094–1110. [CrossRef]
[PubMed]
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Abstract: The European Fish Index EFI+ is the only fish-based multimetric index for the assessment
of the ecological status of running waters that is validated and thus applicable across most countries
of the European Union. Metrics of the index rely on several attributes of the species present in the
fish assemblage, irrespective of their native/alien status. The abundance of alien fish, together with
other anthropogenic impacts, is one of the most important threats to the conservation of native fish
and ecosystem health and is also an indicator of degraded stream conditions. Therefore, to improve
the performance of the EFI+ in regions with high incidence of alien species, the EFI+ was adapted
to include alien fish pressure as a new metric that reflects the number of alien species as well as
the proportional abundance of alien individuals. The application of the adapted index (A-EFI+)
is illustrated with data from several Iberian Mediterranean basins and showed similar or stronger
correlations than the original EFI+ with anthropogenic pressure (land-use variables and alterations in
hydrology and river morphology) and with other regional fish indices. EFI+ has been invaluable to
intercalibrate fish indices across Europe, and A-EFI+ is similar but explicitly includes alien pressure,
thus helping to provide a more comprehensive assessment of ecosystem health and to communicate
it to society.

Keywords: ecological status; index of biotic integrity; non-native species; water framework directive

Key Contribution: This study developed a modification of the EFI+ fish index to include alien fish
pressure to improve its performance in assessing the biotic and ecological status of rivers with high
incidence of alien species. The application of the adapted index is demonstrated using data from
various Mediterranean basins in the Iberian region.

1. Introduction

The Water Framework Directive (WFD) requires all member countries of the European
Union (EU) to assess the ecological status of running waters using biological indicators of
several organism groups, including fish [1]. The WFD defines reference conditions (i.e.,
equivalent to high ecological status) as those water bodies with no or minor presence
of anthropogenic changes in which all expected native species are present, populations
are in good biological condition, and no alien species exist. Biotic indices facilitate rapid
and cost-effective assessments of the environmental degradation of aquatic systems. They
benefit from a standardized approach using a set of metrics or measures that represent
various aspects of biological assemblage structure, function, or other measurable charac-
teristics. This standardization facilitates consistent comparisons across different locations
and time periods. By combining multiple metrics, the biotic indices provide an indica-
tion of the overall biological condition and can help identify and quantify the impacts of
human-induced stress on aquatic communities at wide temporal and spatial scales [2]. In
aquatic environments, fish are excellent ecological indicators due to their sensitivity to
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environmental changes and have several advantages as indicator organisms [3]. Fish are
found in most of lotic ecosystems and are long-living organisms that reflect the cumulative
effects of long-term anthropogenic stressors. Their high mobility allows them to use various
habitats within river ecosystems, making them particularly sensitive to disturbances in
river morphology and connectivity [4]. Fish-based indices have been used to assess the
quality of river ecosystems since the 1980s, when the Index of Biotic Integrity (IBI) was first
introduced [2].

The project FAME (Fish-based Assessment Method for the ecological status of Euro-
pean rivers) [5] was the first attempt to develop a pan-European fish index applicable in all
the EU member states, resulting in the creation of the European Fish Index (EFI) [5,6]. The
initial formulation of the EFI was primarily based on data collected in northern Europe.
The index was subsequently improved by expanding the database with data from southern
Europe, resulting in a new version called EFI+ [7]. EFI+ quantifies the deviation between
the predicted fish assemblage (reference conditions) and the observed fish assemblage
(sampling data), and is computed as the average of two metrics that vary with river type
(salmonid or cyprinid). The river type is assessed automatically by the EFI+ software, based
on physical parameters and proportion of salmonid species. The EFI+ model places each
species in functional trait categories (guilds). The index for the cyprinid type uses two met-
rics based on species with rheophilic and lithophilic reproduction habitats, and the index
for the salmonid type is composed of two metrics based on intolerant species to oxygen
depletion and habitat degradation. The index value is calculated as the arithmetic mean
of the two metrics scores. The EFI+ metrics rely on the whole fish assemblage, without
any distinction between native or alien species. Therefore, the presence and abundance of
alien species belonging to the guilds included in the metrics (i.e., rheophilic, lithophilic or
intolerant) positively influences index scores.

The main pressures and impacts that affect surface waters in Europe are eutrophication,
chemical pollution, water abstraction and hydromorphological alterations [8]. Alien species
also constitute one of the most important threats to the conservation of native fish and
ecosystem health and the impact may be as severe as that of other stressors [9,10]. The
presence and abundance of alien species reflects biological pollution and causes disturbance
to native species, mainly from predation and competition [11]. Higher pressure from
alien species has been related to a greater loss of native species, reduced density and
unbalanced size structures of native fish [12,13]. Furthermore, alien species are also an
indicator of degraded conditions because their proliferation is facilitated with increasing
eutrophication and the construction of dams with the subsequent reduction in seasonal
flooding and stabilization of downstream flows [14,15]. Despite these negative implications,
the inclusion of alien fish metrics in the ecological quality assessment of rivers has not
been considered in the majority of WFD assessment methods [16]. Thus, only 5 of 25 (20%)
fish assessment methods have an explicit metric for alien species (WISER “Water bodies
in Europe: Integrative Systems to assess Ecological status and Recovery”; www.wiser.eu
(accessed on 27 December 2023)).

The EFI+ has been proved effective in determining the ecological status of European
rivers [6,17,18], but the absence of negative scoring when alien fish are present may be
a serious shortcoming since an ideal indicator should be sensitive to all stressors and
impacts [2]. Although including this type of impact may be unimportant in European
regions with a low proportion of alien species (e.g., [19]), in regions where alien fish are
widespread, the inclusion of a negative alien fish metric is considered crucial to properly
assess ecosystem health [12,13]. Some European countries such as Poland have been aware
of this limitation and have modified the index to solve it [20]. In contrast, Spain has chosen
the EFI+ as the primary fish index for evaluating the ecological status required by the WFD,
despite being a country with a high incidence of alien fish introductions and most basins
having more alien than native species [9,21].
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The fundamental issue with the EFI+ in relation with alien species lies in the fact
that the index’s development did not exclude reference to sites with alien species, nor
did it employ metrics solely based on native species, which is currently recommended to
develop multimetric indices [22]. Moreover, it is also recommended to include negative
alien species metrics to improve WFD assessments [23]. As the usefulness of a global index
at the European level is extremely valuable as a common metric for intercalibration among
indices developed for smaller regional scales [17,24], one way to improve the index without
losing its advantages is to include the alien fish pressure. Hence, the objectives of this
study were to (1) adapt the EFI+ index to include the alien fish pressure to improve its
performance in regions with a significant impact of alien fish and (2) illustrate its application
using data from several Mediterranean basins of the Iberian Peninsula.

2. Materials and Methods

The modification of the EFI+ consisted of a weighted combination of original EFI+
metrics with a measure of alien fish pressure to produce an adapted version of the index
(A-EFI+). We consider alien species those that occur outside their natural range and have
been introduced to new areas by human activity, either intended or unintended. This en-
compasses species that, while native to a particular country, have been translocated and are
now found outside their native range within the same country. Alien fish pressure should
reflect the number of alien species as well as the relative abundance of alien individuals
in relation to native fish. Thus, the alien fish pressure metric (AFP) was calculated as the
average between the proportion of alien species and the proportion of alien individuals in
the sample. The scores of the AFP metric range from 0 (absence of alien species) to 1 (all
individuals belong to alien species). To calculate the A-EFI+, a third metric (i.e., AFP) is
incorporated alongside the two metrics of the original index. This extra metric is given a
one-third (33.3%) weight in the adjusted index; thus, each metric contributes equally to the
final score. Therefore, A-EFI+ was calculated as follows:

A-EFI+ = EFI+−
(

AFP × EFI+
3

)
(1)

where A-EFI+ is the adapted index, EFI+ is the original EFI+ index, and AFP is the alien
fish pressure. When alien fish are present, the A-EFI+ scores are lower than the EFI+ scores,
up to a maximum reduction of 33.3% of the original EFI+ score when all individuals are
alien. The A-EFI+ ranges between zero and one, like the original EFI+.

The application of the modified index was illustrated using data collected within
WFD monitoring programs and available from public databases from 344 sites of the
Mediterranean slope of the Iberian Peninsula (230 sites in Catalonia and 114 sites in the
Jucar River Basin District; latitudinal range of 38.2−42.8◦ N). This region was selected
because it is severely affected by alien fish introductions [13,25,26]. Most of the streams have
a typical Mediterranean hydrological regime, with dry summers and irregular precipitation
in autumn and spring. Thus, flow regimes are highly variable, from temporary (seasonal
flow) to perennial (continuous flow). A detailed description of the study area can be found
elsewhere [13,25].

Fish data originated from electrofishing during low flow periods, following the CEN
14011 standard protocol [27]. A single upstream pass was made including all mesohabitat
channel units present in the reach, with a minimum sampled length of 50 m or minimum
area of 100 m2. Fish were sampled between June and September in 2007, 2008 and 2009.
The EFI+ was calculated with the software provided by the Spanish Ministry for Ecological
Transition and the Demographic Challenge (https://www.miteco.gob.es (accessed on
27 December 2023)). Several alien species in this area positively score in the EFI+ metrics
(i.e., are considered rheophilic, lithophilic or intolerant) such as Phoxinus septimaniae and
Phoxinus dragarum (included as Phoxinus phoxinus in the EFI+ software), Oncorhynchus
mykiss, Ameiurus melas and Squalius cephalus. Also, there are some translocated species
originated from other Iberian basins, such as Pseudochondrostoma polylepis, Luciobarbus
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graellsii and Squalius alburnoides. Besides the EFI+ and A-EFI+, we calculated two other
fish indices used for ecological monitoring in the study region: IBICAT2010 [28] and IBI-
JUCAR [13]. The IBICAT2010 uses a set of metrics derived from the functional traits and
characteristics of fish species, such as feeding guilds, habitat preferences, reproductive
strategies and other life history traits. While it distinguishes between native and alien
species in some metrics, it lacks a specific metric to negatively score the presence of alien
species [28]. The IBI-JUCAR uses five metrics to evaluate the ecological health of streams
based on the loss of native species, the presence of alien species, the abundance of native fish,
the age (size) structure of native fish, and the presence of individuals with anomalies [13].
Therefore, this index includes a specific metric for alien species. Other data from biotic and
abiotic indices widely applied for ecological monitoring in Spain were also gathered for the
same sites and periods with fish data in order to be compared with the A-EFI+. The indices
compared were the following: the Riparian vegetation quality index, QBR [29]; the Fluvial
habitat index, IHF [30]; the Specific Pollution Sensitivity index based on diatoms, IPS [31],
and a macroinvertebrate-based index, IBMWP [32]. At each sampling site, land uses
and hydrological and morphological alterations were used as indicators of anthropogenic
pressure [33]. The Corine Land Cover database (available at http://www.eea.europa.eu
(accessed on 27 December 2023)) was used to quantify land-use variables. Land use was
categorized as urbanized areas, including urban and industrial units (Artificial), agricultural
areas (Agriculture) and forested/natural areas (Forest), and then the percentages of each
category were calculated within the drainage basin upstream of the site. Data on alterations
in hydrology (water abstraction and modified flow regimes) and morphology (presence of
barriers, riverbank structures and physical channel modification) were compiled from the
River Basin Management Plan reports for the years 2009–2015 in the basins studied. These
data are derived from monitoring surveys for the identification of pressures and assessment
of impacts within the characterization of water bodies. Data of stressor categories were
grouped in two variables (Hydrology and Morphology) that measure on a discrete scale
the pressure intensity at each sampling site. To study the performance and behavior
of the A-EFI+, bivariate relationships among biological indices, land-use variables and
hydrological and morphological alterations were analyzed using Spearman rank order
correlation coefficients (rs), which are adequate to describe monotonous relationships and
do not assume bivariate normality or linearity. We also used multiple regression analyses
to consider all the indicators of anthropogenic perturbation simultaneously. All statistical
analyses were performed using R version 4.3.2 [34].

3. Results

A total of 39 species were recorded in the compiled dataset, of which 19 (48.7%) were
non-native. Alien species were present in 187 (54.4%) of the 344 sampling sites, with similar
proportions in the two groups of basins studied (55.2% in Catalonia and 52.6% in the Jucar
River Basin District). The mean percentage of alien individuals at sites with presence of
alien species was 63.2% (range 11.2–100%). Both alien metrics and its average (AFP, alien
fish pressure) showed a positive correlation with artificial and agricultural land use, as
well as with hydrological and morphological alterations, and were negatively correlated
with percentage of forest land (Figure 1), thus supporting their relevance as metrics of
stream degradation. Higher pressure of alien species was also related to a lower richness
of rheophilic spawning species (rs = −0.675) and lower density of lithophilic spawning
species (rs = −0.495) and thus to the EFI+ index (Figure 2).

After calculating the A-EFI+, the resulting scores were lower than EFI+ in 183 of the
187 sites with alien species. In the remaining four sites with alien fish, the EFI+ was already
zero before calculating the A-EFI+ and could not be reduced (Figure 3). In these sites,
the mean reduction in the score of the A-EFI+ with respect to the EFI+ was 18.6% (range:
3.1–33.3%). This led to a lowering in ecological status classes of 40.4% of these sites, mainly
from Good to Moderate and from Moderate to Poor. The decreased proportion of the
A-EFI+ score was higher as AFP increased, as expected (Figures 2 and 3).

89



Fishes 2024, 9, 13

Figure 1. Relationship between fish alien metrics, land-use variables and hydrological and morpho-
logical alterations. The panels above the diagonal show the Spearman rank correlation coefficients
with significance level (*** p < 0.001) and the panels below show the pairwise scatterplot with a
smoothing curve (LOESS, red line). In the scatterplots, the Y-axis corresponds to the variable in the
row diagonal and the X-axis to the column diagonal (e.g., the scatterplot on the bottom left has %
alien individuals in the Y-axis and % forest cover in the X-axis).

The performance of the A-EFI+ was compared with several other biological indices
and land-use variables by bivariate correlations and multiple regression. All fish indices
(EFI+, A-EFI+, IBICAT and IBI-JUCAR) declined with increased catchment disturbance.
They were negatively correlated with the percentage of artificial and agricultural land use,
and positively correlated with the percentage of forest land (Figure 4). Compared to EFI+,
the correlation of A-EFI+ with land use variables (Figure 4) was slightly higher, whereas
the correlation with other biotic indices, such as the macroinvertebrate index (IBMWP) and
the diatom index (IPS) or habitat index (IHF) was slightly lower (Figure 5). Hydrological
and morphological alterations showed a negative correlation with both EFI+ and A-EFI+,
with slightly better correlations for the adapted index (Figure 6). A multiple regression
model suggested that the relationship with artificial land use was nonlinear but overall
very similar for EFI+ and A-EFI+ (Table 1). Unsurprisingly, a regional fish index such as
IBI-JUCAR performed slightly better (Table 1, Figures 4 and 5) but was quite correlated
with those two indices (Figure 4).
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Figure 2. Relationship between the EFI+ and A-EFI+ indices (blue crosses and green circles, respec-
tively) and the alien fish pressure (AFP) (average of % alien species and % alien individuals) in the
study area. The simple regression lines are also shown (EFI+ = 0.803 − 0.435 AFP, R2

adj = 0.465,
p < 0.001; A-EFI+ = 0.795 − 0.575 AFP, R2

adj = 0.683, p < 0.001).

Figure 3. Relationship between the A-EFI+ and EFI+ indices and the effects of the alien fish pressure.
The A-EFI+ index can be easily estimated from EFI+ with the following linear regression functions:
A-EFI+ = −0.089 + 1.058 EFI+, R2

adj = 0.940, p < 0.001; A-EFI+ = 0.1308 + 0.827 EFI+ − 0.215 AFP,
R2

adj = 0.991, p < 0.001.
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Figure 4. Relationship between fish indices and land-use variables. The panels above the diagonal
show the Spearman rank correlation coefficients with significance level (*** p < 0.001) and the panels
below the pairwise scatterplot with a smoothing curve (LOESS, red line). In the scatterplots, the
Y-axis corresponds to the variable in the row diagonal and the X-axis to the column diagonal (e.g.,
the scatterplot on the bottom left has A-EFI+ in the Y-axis and % forest cover in the X-axis).

Figure 5. Relationship between biotic indices and land-use variables. The panels above the diagonal
show the Spearman rank correlation coefficients with significance level (*** p < 0.001) and the panels
below the pairwise scatterplot with a smoothing curve (LOESS, red line). In the scatterplots, the
Y-axis corresponds to the variable in the row diagonal and the X-axis to the column diagonal (e.g.,
the scatterplot on the bottom left has A-EFI+ in the Y-axis and % forest cover in the X-axis).
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Figure 6. Relationship between land-use variables and hydrological and morphological alterations
with EFI+ and A-EFI+ indices. The panels above the diagonal show the Spearman rank correlation
coefficients with significance level (*** p < 0.001) and the panels below the pairwise scatterplot with
a smoothing curve (LOESS, red line). In the scatterplots, the Y-axis corresponds to the variable in
the row diagonal and the X-axis to the column diagonal (e.g., the scatterplot on the bottom left has
A-EFI+ in the Y-axis and % forest cover in the X-axis).

Table 1. Multiple regression models of four fish indices with a habitat quality index (IHF) and %
agricultural and artificial land uses. A quadratic component of artificial land use was also included
because it was significant for most models and was supported by Akaike information criteria.
* p < 0.05; ** p < 0.01; *** p < 0.001. All models were highly significant (p << 0.001).

EFI+ A-EFI+ IBICAT2010 IBI-JUCAR

Intercept 0.5332 *** 0.5947 *** 0.7095 *** 0.7453 ***
IHF 0.0037 *** 0.0024 * 0.0015 0.0005

Agriculture −0.0022 *** −0.0029 *** −0.0030 *** −0.0044 ***
Artificial −0.0071 * −0.0099 ** −0.0082 * −0.0117 **
Artificial2 0.0001 * 0.0002 ** 0.0001 0.0002 *

N 319 319 318 319
Residual

standard error 0.1899 0.2079 0.2384 0.2489

R2
adj 0.2193 0.2229 0.1849 0.2552

93



Fishes 2024, 9, 13

4. Discussion

The modification of the EFI+ proposed here is simple and easy to compute and adds
an explicit consideration of alien fish pressure in the index, allowing for a wider assessment
of stream health and more strictly following WFD guidelines. This modification is only
relevant in areas highly impacted with alien species since the index remains unchanged
when alien species are absent or reduces the score only slightly when the incidence of
alien species is low. Therefore, its applicability should be more important in the western
Mediterranean area because of the higher incidence of alien species than in Eastern or
Northern Europe [35].

The positive relationships between the AFP (alien fish pressure) metric and agricultural
and urban land uses, used here as a measure of anthropogenic pressures, is consistent with
the view that alien fish species are generally more tolerant to environmental alterations
than native ones [36] and therefore constitute good indicators of stream degradation [37].
Although the two original metrics of the EFI+ were negatively correlated with AFP and,
therefore, some alien fish impact is already included in the index, the incorporation of the
AFP metric into the EFI+ emphasizes the impact in sites where alien fish pressure is high,
resulting in a more appropriate assessment of ecological integrity.

The A-EFI+ scores were highly consistent and proportional to the extent of alien
species presence, showing a rapid decline in the quality status classes as the proportion
of alien fish increased. Furthermore, the incorporation of the AFP metric into the EFI+
improved the index’s performance as an indicator of degradation in comparison with the
original version, as demonstrated by its stronger correlation with land-use pressures and
hydrological and morphological alterations. The strength of the response to agricultural
and artificial land-uses when the alien fish metric was included in the A-EFI+ did not
decrease but rather increased. The A-EFI+ also showed higher correlation values than
the original EFI+ with the two fish indices locally developed for the region (IBICAT and
IBI-JUCAR) because they also consider explicitly alien species [13].

No important differences were found comparing the correlations of the EFI+ and
A-EFI+ with biological indices for other organism groups (IBMWP, IPS) or abiotic indices
(QBR, IHF), which suggests that the presence of alien species is not influenced by the
ecological quality measured with these indices. Furthermore, the correlations of both
EFI+ and A-EFI+ with diatom and macroinvertebrate indices were relatively low, as has
been commonly reported [13,38]. This could be related due to the variable response
of the different organism groups to degradation and is one of the reasons to consider
multiple organism groups for stream health assessment [39]. For example, indices based
on macroinvertebrates and diatoms often showed stronger responses to water quality
parameters whereas fish, being more mobile organisms, appear to be more vulnerable to
hydrological and habitat alterations [13,38].

Most EU member countries use fish indices locally developed for their respective terri-
tories to account for the specific characteristics of the fish assemblages. Local fish indices
often provide a more accurate and precise evaluation of local conditions, but indices that
are widely applicable across extensive regions are also desirable to improve the integration
of results from various measurement methods and to enhance resource management [22].
Furthermore, national fish indices are required by the WFD for intercalibration to ensure
consistency in ecological assessments throughout Europe [24,40]. The EFI+ is the only fish
index currently available for use in most European countries (mainly those that provided
data for the development of the index) and, therefore, an important application is to be
used to convert to a common scale the assessments made with different local fish indices
and allowing comparison [17]. The modification of the EFI+ proposed here does not affect
the utility of this approach, since the transformation of the A-EFI+ to EFI+ and vice versa
is simple and straightforward. Moreover, in regions with a significant presence of alien
species, the A-EFI+ should provide a more comprehensive tool to assess and communicate
the ecosystem health or rivers.
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5. Conclusions

The presence of alien species poses a significant threat to the preservation of freshwater
native diversity and should be considered an indicator of degraded stream conditions and
anthropogenic pressures on aquatic ecosystems. Consequently, any biotic index must be
able to effectively assess this type of impact. The EFI+ index lacks a specific metric to
weight the presence of alien fish. The adapted version of the EFI+ presented here includes
a negative metric for alien species and therefore can assess the extent of their presence and
their potential impact on native fish communities. Furthermore, including a metric for
alien species improves the accuracy and relevance of the index for a more comprehensive
assessment of ecological status, helping to identify areas where conservation efforts should
be focused and where management actions are needed to mitigate the negative impacts of
alien species. The A-EFI+ is most suitable for assessing ecological status in areas with a
high proportion and abundance of alien fish, such as some basins in the Iberian Peninsula,
which also host many local endemic species, many of which are severely threatened.
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tool for fish-based river ecological status assessment in Poland (EFI+IBI_PL). Acta Ichthyol. Piscat. 2017, 47, 173–184. [CrossRef]

21. Muñoz-Mas, R.; García-Berthou, E. Alien animal introductions in Iberian inland waters: An update and analysis. Sci. Total
Environ. 2020, 703, 134505. [CrossRef]

22. Vadas, R.L.; Hughes, R.M.; Bae, Y.J.; Baek, M.J.; Gonzáles, O.C.B.; Callisto, M.; Carvalho, D.R.D.; Chen, K.; Ferreira, M.T.;
Fierro, P.; et al. Assemblage-based biomonitoring of freshwater ecosystem health via multimetric indices: A critical review and
suggestions for improving their applicability. Water Biol. Secur. 2022, 1, 100054. [CrossRef]

23. Filipe, A.F.; Feio, M.J.; Garcia-Raventós, A.; Ramião, J.P.; Pace, G.; Martins, F.M.; Magalhães, M.F. The European Water Framework
Directive facing current challenges: Recommendations for a more efficient biological assessment of inland surface waters. Inland
Waters 2019, 9, 95–103. [CrossRef]

24. Birk, S.; Willby, N.J.; Kelly, M.G.; Bonne, W.; Borja, A.; Poikane, S.; Van De Bund, W. Intercalibrating classifications of ecological
status: Europe’s quest for common management objectives for aquatic ecosystems. Sci. Total Environ. 2013, 454–455, 490–499.
[CrossRef]

25. Maceda-Veiga, A.; Monleon-Getino, A.; Caiola, N.; Casals, F.; De Sostoa, A. Changes in fish assemblages in catchments in
north-eastern Spain: Biodiversity, conservation status and introduced species. Freshw. Biol. 2010, 55, 1734–1746. [CrossRef]

26. Alcaraz, C.; Carmona-Catot, G.; Risueño, P.; Perea, S.; Pérez, C.; Doadrio, I.; Aparicio, E. Assessing population status of
Parachondrostoma arrigonis (Steindachner, 1866), threats and conservation perspectives. Environ. Biol. Fishes 2015, 98, 443–455.
[CrossRef]

27. EN 14011:2003; Water QUALITY—Sampling of Fish with Electricity. European Standard. European Committee for Standardiza-
tion: Brussels, Belgium, 2003.

28. Sostoa, A.D.; Caiola, N.; Casals, F.; García-Berthou, E.; Alcaraz, C.; Benejam, L.; Maceda-Veiga, A.; Solà, C.; Munné, A. Ajust de
l’Índex d’Integritat Biòtica (IBICAT) Basat en l’ús Dels Peixos com a Indicadors de la Qualitat Ambiental als Rius de Catalunya; Agència
Catalana de l’Aigua, Departament de Medi Ambient i Habitatge, Generalitat de Catalunya: Barcelona, Spain, 2010; p. 187.

29. Munné, A.; Prat, N.; Solà, C.; Bonada, N.; Rieradevall, M. A simple field method for assessing the ecological quality of riparian
habitat in rivers and streams: QBR index. Aquat. Conserv. Mar. Freshw. Ecosyst. 2003, 13, 147–163. [CrossRef]

30. Pardo, I. El hábitat de los ríos mediterráneos. diseño de un Índice de diversidad de hábitat. Limnetica 2002, 21, 115–133. [CrossRef]
31. CEMAGREF. Etude Des Méthodes Biologiques Quantitatives D’appréciation de La Qualité Des Eaux; Agence de l’eau Rhône-

Méditerranée-Corse: Lyon, France, 1982.
32. Alba-Tercedor, J. Caracterización del estado ecológico de ríos mediterráneos Ibéricos mediante el Índice IBMWP (Antes BMWP’).

Limnetica 2002, 21, 175–185. [CrossRef]
33. Martínez-Fernández, V.; Solana-Gutiérrez, J.; García De Jalón, D.; Alonso, C. Sign, Strength and shape of stream fish-based metric

responses to geo-climatic and human pressure gradients. Ecol. Indic. 2019, 104, 86–95. [CrossRef]
34. R Core Team, R. A Language and Environment for Statistical Computing; R Foundation for Statistical Computing: Vienna,

Austria, 2019.
35. Magliozzi, C.; Tsiamis, K.; Vigiak, O.; Deriu, I.; Gervasini, E.; Cardoso, A.C. Assessing invasive alien species in European

catchments: Distribution and impacts. Sci. Total Environ. 2020, 732, 138677. [CrossRef] [PubMed]
36. Maceda-Veiga, A.; De Sostoa, A. Observational evidence of the sensitivity of some fish species to environmental stressors in

Mediterranean rivers. Ecol. Indic. 2011, 11, 311–317. [CrossRef]
37. Ferreira, T.; Oliveira, J.; Caiola, N.; De Sostoa, A.; Casals, F.; Cortes, R.; Economou, A.; Zogaris, S.; Garcia-Jalon, D.; Ilhéu, M.; et al.

Ecological traits of fish assemblages from Mediterranean Europe and their responses to human disturbance. Fish. Manag. Ecol.
2007, 14, 473–481. [CrossRef]

96



Fishes 2024, 9, 13

38. Benejam, L.; Aparicio, E.; Vargas, M.J.; Vila-Gispert, A.; García-Berthou, E. Assessing fish metrics and biotic indices in a
Mediterranean stream: Effects of uncertain native status of fish. Hydrobiologia 2008, 603, 197–210. [CrossRef]

39. Hering, D.; Johnson, R.K.; Kramm, S.; Schmutz, S.; Szoszkiewicz, K.; Verdonschot, P.F.M. Assessment of European streams with
diatoms, macrophytes, macroinvertebrates and fish: A comparative metric-based analysis of organism response to stress. Freshw.
Biol. 2006, 51, 1757–1785. [CrossRef]

40. Guidance Document on the Intercalibration Process 2008–2011. Guidance Document No. 14. Common Implementation Strategy for the
Water Framework Directive (2000/60/EC); European Commission: Luxembourg, 2011. [CrossRef]

Disclaimer/Publisher’s Note: The statements, opinions and data contained in all publications are solely those of the individual
author(s) and contributor(s) and not of MDPI and/or the editor(s). MDPI and/or the editor(s) disclaim responsibility for any injury to
people or property resulting from any ideas, methods, instructions or products referred to in the content.

97



Citation: Wildhaber, M.L.; West, B.M.;

Bennett, K.R.; May, J.H.; Albers, J.L.;

Green, N.S. Sicklefin Chub

(Macrhybopsis meeki) and Sturgeon

Chub (M. gelida) Temporal and Spatial

Patterns from Extant Population

Monitoring and Habitat Data

Spanning 23 Years. Fishes 2024, 9, 43.

https://doi.org/10.3390/

fishes9020043

Academic Editors: Robert L. Vadas, Jr.

and Robert M. Hughes

Received: 30 September 2023

Revised: 9 January 2024

Accepted: 11 January 2024

Published: 23 January 2024

Copyright: © 2024 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

fishes

Article

Sicklefin Chub (Macrhybopsis meeki) and Sturgeon Chub
(M. gelida) Temporal and Spatial Patterns from Extant Population
Monitoring and Habitat Data Spanning 23 Years

Mark L. Wildhaber 1,*, Benjamin M. West 1, Kendell R. Bennett 1, Jack H. May 1, Janice L. Albers 2 and

Nicholas S. Green 3

1 Columbia Environmental Research Center, U.S. Geological Survey (USGS), 4200 New Haven Road,
Columbia, MO 65201, USA; bwest@usgs.gov (B.M.W.); krbennett@usgs.gov (K.R.B.); jhmay@usgs.gov (J.H.M.)

2 Upper Midwest Environmental Science Center, U.S. Geological Survey (USGS), 2630 Fanta Reed Road,
La Crosse, WI 54603, USA; jalbers@usgs.gov

3 Department of Ecology, Evolution, and Organismal Biology, Kennesaw State University,
370 Paulding Ave NW, Kennesaw, GA 30144, USA; ngreen62@kennesaw.edu

* Correspondence: mwildhaber@usgs.gov

Abstract: Sicklefin (Macrhybopsis meeki) and sturgeon chub (M. gelida) historically occurred throughout
the Missouri River (MR), in some tributaries, and Mississippi River downstream of the MR. They
have been species of U.S. state-level conservation concern and U.S. Endangered Species Act listing
candidates since the 1990s. We applied analytical approaches from occupancy modeling to correlation
to monitoring data spanning 23 years to assess relationships between occupancy and time, space, en-
vironmental factors, habitat, and other species. Sicklefin chub occupancy appeared higher in the early
to mid-2000s and mid-to-late 2010s. A potential decline in occupancy occurred for sturgeon chub in
the mid-to-late 2010s. Spatially, chub occupancy was depressed for 159 to 438 km downstream of MR
dams. Among macrohabitats, inside bends had relatively high occupancy for both species; secondary
connected channels had relatively high values for sturgeon chub. Co-occurrence was likely between
sicklefin and sturgeon chub and between chubs and shovelnose sturgeon (Scaphirhybchus platorybchus)
and channel catfish (Ictalurus punctatus). The observed co-occurrence of chubs and pallid sturgeon
(Scaphirhynchus albus; PS) was potentially higher than expected for adult PS. For juvenile PS, co-
occurrence was lower than expected in the Lower MR and potentially higher than expected in the
Upper MR, warranting future research. Results from this research suggest management for the
improvement of sicklefin and sturgeon chub populations may benefit other MR fish populations.

Keywords: sicklefin chub; sturgeon chub; Macrhybopsis; occupancy model; Missouri River; channel
catfish; shovelnose sturgeon; pallid sturgeon; predators

Key Contribution: Based on monitoring data spanning 23 years (1996 to 2018), we found sicklefin
chub occupancy to be higher in the early to mid-2000s and mid-to-late 2010s, in contrast to a decline
for sturgeon chub in mid-to-late 2010s. We also found lower site occupancy by chubs below dams,
with inside bend macrohabitat having the highest chub occupancy for both chub species and a
very strong co-occurrence between sicklefin and sturgeon chub and between chubs and shovelnose
sturgeon and channel catfish, suggesting management for the improvement of sicklefin and sturgeon
chub populations may benefit other Missouri River fish populations.

1. Introduction

Sicklefin chub (Macrhybopsis meeki) and sturgeon chub (M. gelida) have historical ranges
throughout the mainstem Missouri River (MR) and in selected tributaries and the mainstem
Mississippi River downstream from the confluence with the MR, where they are an impor-
tant part of the benthic fish community [1,2]. However, analysis of annual fish monitoring
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surveys has indicated declining population trends in these chubs prior to 2010 [3]. Sicklefin
chub is on state-level conservation concern lists in Montana, South Dakota, Iowa, Kentucky,
North Dakota, Nebraska, Kansas, Missouri, and Tennessee. Sturgeon chub is listed as a
conservation concern in these states, as well as in Wyoming and Illinois. Both species have
been candidate species for listing under the United States Endangered Species Act (ESA)
since the 1980s and 1990s [4]. In 2001, the 12-month finding for sicklefin and sturgeon
chub found they did not warrant listing under the ESA but documented losses of over 46%
and 45% of their historical habitat in the MR basin, respectively [4]. These results, along
with the U.S. Fish and Wildlife Service (USFWS) 12-month finding in 2001 [4], motivated
USFWS to produce an assessment in 2023 investigating whether sicklefin and sturgeon
chub warranted listing as threatened or endangered. Following the 2016 petition to list
these chub species under ESA [4] and the apparent declines of both chub species in recent
years, USFWS reassessed the status of both species and did not find definitive evidence
for listing in 2023 [5]. Despite the 2023 decision not to list these species, the variation in
patterns presented in the 2023 assessment highlight the need to further investigate sicklefin
and sturgeon chub trends spatially, temporally, and relative to abiotic and biotic factors to
help determine whether they are prone to further declines.

Sicklefin and sturgeon chub are components of the diet of adult federally listed en-
dangered pallid sturgeon (Scaphirhynchus albus). Pallid sturgeon consume chubs as a large
part of their diet [6]. Given that over 175,000 pallid sturgeon have been stocked into the
MR between 1992 and 2017 [7], it is possible that increased predation on chubs may have
reduced sicklefin and sturgeon chub populations. Additionally, pallid sturgeon diet and de-
pendency on fish prey were also identified as a top priority in a 2004 assessment of research
needs for pallid sturgeon research on the Missouri River [8]. Chubs are also consumed
by walleye (Sander vitreus), sauger (Sander canadensis), and a variety of piscivorous fishes,
birds, and mammals [9].

Past activities associated with river or fish species management may have either
degraded or improved conditions for sicklefin and sturgeon chub. The U.S. Army Corps of
Engineers (USACE) Missouri River Recovery Program’s current channel reconfiguration
efforts are focused on interception-rearing complexes for juvenile pallid sturgeon, i.e.,
modifying hydrologic conditions to promote free-floating pallid sturgeon juveniles’ arrival
in suitable nursery habitat [10]. By 2014, USACE channel reconfiguration through dike
notching, top-width widening, and side channel addition activities have modified the
majority of dikes in the MR to gain shallow water habitat credit for pallid sturgeon recovery.
Current research is limited as to how these activities affect MR sicklefin and sturgeon chub
populations. However, Ridenour et al. [11,12] reported a loss of chub nursery habitat due
to dike notching activities.

In support of USFWS management decisions associated with sicklefin and sturgeon
chub, there is a need for comprehensive, long-term data analyses of both chub populations.
The only such data to date have been collected on the MR and Kansas River (KR). Two
large data sources for sicklefin and sturgeon chub and a wide range of other species are the
MR Benthic Fishes Study (MRBFS) [13] and the Pallid Sturgeon Population Assessment
Project (PSPAP) [3]. Since the MR represents a major portion of the historical range of
both species [14], these data can provide valuable insight into their management. Previ-
ous studies using these data have documented declines in sicklefin and sturgeon chub
populations [3,15], along with other anecdotal observations from practitioners.

Occupancy models predict species occurrences while accounting for imperfect detec-
tion, i.e., the fact that species can be undetected where they are present [16]. When assessing
habitat associations for a species, occupancy models can reduce the bias compared to mod-
els that use relative abundance data without accounting for imperfect detection [17,18]. In
addition to their ability to reduce bias compared to other methods, occupancy models can
be useful for rare or hard-to-detect species, allowing researchers to evaluate occurrence
trends [19]. Sicklefin and sturgeon chub are difficult to detect; a detection-focused occu-
pancy modeling research study in the Lower MR found detection probabilities in benthic
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trawls ranging from approximately 0.05 to 0.48 [20]. In terms of rarity, other research
suggests that these species are in low densities in the MR, with only 18.46% and 5.41% of
benthic trawl deployments catching sicklefin and sturgeon chub, respectively, in the Lower
MR [3]. In the context of other fish species of conservation concern, occupancy modeling
has been used to investigate the effects of water development on imperiled fish species in
the deserts of the Southwestern United States and to assess the validity of managing these
species as one unit [21]. One group of occupancy models, multispecies occupancy models,
can be used to examine interactions among species that affect co-occurrence [22,23]. For
example, two-species occupancy models were created for threatened eastern sand darter
(Ammocrypta pellucida) with the goal of informing reintroduction efforts based on interaction
with other species [24]. Because occupancy and detection rates are often related to abun-
dance [25], determining factors related to the occupancy of sicklefin and sturgeon chubs
could also provide insight into factors related to population expansion and contraction and
changes in overall population size over space and time.

Because of their potential rarity and the relative importance of sicklefin and sturgeon
chub as prey for the endangered pallid sturgeon, there is a need to develop a better
understanding of the relationship between system conditions and sicklefin and sturgeon
chub populations, and how these conditions may help quantify the associated risk of chub
declines. The goal of this study is to better understand how the occurrence patterns of
sicklefin and sturgeon chub in the MR are related to abiotic and biotic factors, with the
expectation that this information would inform USFWS efforts in assessing the current
status of these two chub species, as well as future conservation of these species. To
do so, this study used PSPAP and MRBFS data and multiple analytical approaches to
(1) describe temporal, spatial, and environmental factors associated with the occupancy
patterns of sicklefin and sturgeon chub, (2) assess the co-occurrence of the two chub species,
(3) assess the relationship between annual site occupancy coefficients and river discharge,
and (4) investigate the co-occurrence patterns of these chub species with other important
fish species found in the MR benthic fish community using either three-species occupancy
models or comparisons of observed co-occurrence.

2. Materials and Methods

2.1. Extant Data and Study Area

To inform models for sicklefin and sturgeon chub, we used extant data from two
projects, the Missouri River Benthic Fishes Study (MRBFS) and the Pallid Sturgeon Popula-
tion Assessment Project (PSPAP). The MRBFS was conducted from 1996 to 1998, sampling
benthic fishes and environmental variables in the mainstem of the MR and lower portion of
the Yellowstone River [13,26]. The PSPAP began in the fall of 2003 and sampled fish species
in the Missouri River from Fort Peck Dam to the confluence with the Mississippi River [3,27].
The PSPAP was divided into two seasons: fish community season from 1 July to 31 October,
focused on sampling small, juvenile pallid sturgeon and the fish community, and sturgeon
season, when colder water temperatures allowed for the use of gill nets to catch larger
juvenile and adult pallid sturgeon with a decreased chance for mortality from stress. For
our analyses of PSPAP data, we used data from the fish community season because the
sampling was consistent and used types of gear aimed at catching non-pallid sturgeon
species [28]. We only used PSPAP data collected between 2003 and 2018, due to large
changes in protocol in 2019 that eliminated the fish community season [10].

Both projects used stratified, random sampling of locations and divided sampling
locations into macrohabitats including main-channel crossover, outside bend, inside bend,
tributary mouth, secondary connected channel, and secondary non-connected channel.
Both projects collected the following water conditions: depth, velocity, temperature, and
turbidity. For more information on MRBFS and PSPAP, see Appendix A, associated MRBFS
data release [29], PSPAP Standard Operation Procedure [27], and previous studies incorpo-
rating these data sets [3,13].
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For our analyses, the study area encompassed two regions of the MR, the Upper
MR (UMR) and the Lower MR (LMR), and the Lower Kansas River (Figure 1). For the
purposes of this study, we defined the UMR as the 8-digit Hydrologic Unit Code (HUC 8)
subbasins [30] containing mainstem MR between Fort Peck Dam (MR kilometer 2850)
and Lake Sakakawea (MR kilometer 2546). We defined the LMR as the HUC 8 subbasins
containing the mainstem MR just upstream of Gavins Point Dam (MR kilometer 1416) to
the MR confluence with the Mississippi River (MR kilometer 0). These sections were the
only MR sections used in this study because they were sampled in the PSPAP at least 75%
of the years between 2003 and 2018; tributaries other than the Kansas River were not part
of the standard sampling protocol [10,27]. Reservoirs were also excluded because the focus
was on riverine species. Importantly, dams along the mainstem MR, such as Fort Peck and
Gavins Point dams, are hydro-electric dams.

Figure 1. Study area map showing HUC 8 subbasins along the Upper Missouri River (UMR), Lower
Missouri River (LMR), and Lower Kansas River, the locations of Gavins Point and Fort Peck Dams
(filled black triangles), and the Missouri River Basin (thick, medium gray outline in large map). The
small map on the lower left shows the entire Missouri River Basin, in gray. Geospatial data for
HUC 8 subbasins and the Missouri River Basin are from the U.S. Geological Survey (USGS) National
Hydrography Dataset, and base map is from USGS.
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2.2. Benthic Fish Species of Interest

Although sicklefin and sturgeon chub were the primary species of interest in this
study, we also wanted to investigate potential interactions of these two chub species with
other species in the MR benthic fish community. Channel catfish (Ictalurus punctatus) was
included in this study because of its recreational value [31] and to investigate the hypothesis
of high co-occurrence of chubs and channel catfish. Channel catfish are found in similar
riverine macrohabitats as sicklefin and sturgeon chub [13,32]. If co-occurrence exists, it may
suggest that management actions that improve sicklefin and sturgeon chub populations
could also improve channel catfish status and vice versa.

Shovelnose sturgeon (Scaphirhynchus platorynchus) was included in this study because
of its potential for competition for habitat and food resources with sicklefin and sturgeon
chub [33] and piscivorous species such as pallid sturgeon, sauger, and walleye. Pallid
sturgeon were chosen for their potential roles as competitors to chubs in their juvenile stage
and predators of chubs as adults [34,35]. Sauger and walleye were chosen due to their role
as potential chub predators since they are known to prey on benthic fishes of similar size to
chubs [36].

2.3. Data Processing

Prior to modeling, we used several data filtering and processing steps. A summary of
these steps is provided here; more detailed information is contained in Appendix B. The
purpose of these steps was to ensure that the data used to fit our occupancy models (1) fell
within standard sampling protocols for the PSPAP and the MRBFS; (2) included primary
gear type that caught sicklefin and sturgeon chub; (3) were properly structured for model-
ing; (4) met model assumptions; and (5) allowed for use of PSPAP and MRBFS data together.

Except for analyses detailed in Section 2.4.3 “Observed co-occurrence”, we exclusively
used benthic trawl samples because no other gear utilized caught sicklefin or sturgeon
chub consistently. In fact, of all sites (i.e., macrohabitat within a river bend) where either a
sicklefin or sturgeon chub was detected, >95% of chub samples had at least one detection
of that species in a benthic trawl. The PSPAP and MRBFS used different benthic trawls;
the PSPAP used a 4.8 m-wide otter trawl (OT16; [27]), and the MRBFS used a 2 m bottom
trawl (BT; [26,29]). To structure data for an occupancy model with spatially replicated
visits [37], the full definition of a site was a macrohabitat within a river bend sampled
during a particular year. Each river bend was only visited once during the fish community
season within a year. A visit was a pull of a benthic trawl. Only sites with multiple visits
were retained, as multiple visits are required for occupancy modeling [38]. Additionally,
only macrohabitats sampled by both the MRBFS and PSPAP, i.e., main-channel crossover,
outside bend, inside bend, tributary mouth, secondary connected channel, and secondary
non-connected channel, were used. All environmental data were averaged across visits
to the level of the site. As a way of examining spatial patterns with a categorical variable,
each site was assigned to a subbasin designated by a U.S. Geological Survey-standardized
8-digit Hydrologic Unit Code [30] (HUC 8, Figure 1).

Due to the shorter duration of MRBFS compared to the PSPAP, MRBFS data were
only analyzed in combination with PSPAP-FC data. Spatially, MRBFS data were limited
to standard sampling areas of the PSPAP [27]. When the PSPAP-FC and MRBFS data
were used in combination, Kansas River data were excluded from the PSPAP data due to
this river not being sampled by the MRBFS. In the combined MRBFS+PSPAP-FC data set,
there were 12,160 trawls and totals of 6618 sicklefin and 3360 sturgeon chub individuals
collected. For the raw detection rate by trawl, 17.7% and 12.4% of trawls collected at least
one sicklefin or sturgeon chub, respectively. For the raw detection rate by site, that is,
macrohabitat, 24.7% and 29.2% of sites had at least one sicklefin or sturgeon chub detected,
respectively. The size range of sicklefin and sturgeon chub collected was 11–177 mm and
16–121 mm, respectively. The low detection rates for sicklefin and sturgeon chub was one
reason for using occupancy modeling, and not relative abundance, in this study. Final data
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sets at the end of processing were PSPAP–fish community season (PSPAP-FC; n = 3631 sites,
v = 11,500 visits across sites) and MRBFS+PSPAP-FC (n = 3926, v = 12,160).

2.4. Statistical Analyses
2.4.1. Occupancy Models

To address our primary goals, we developed three multispecies, single-season oc-
cupancy models. The first was a two-species occupancy model to examine sicklefin and
sturgeon chub occupancy and co-occurrence relationships to temporal, spatial, and envi-
ronmental factors. This model was fit using the MRBFS+PSPAP-FC data set because this
data set contained the longest span of data with the most sites. The two-species model had
fully parameterized detection and occupancy components and a co-occurrence component
parameterized with continuous water condition covariates. The remaining models were
three-species occupancy models of occupancy and co-occurrence of focal chub species
and either channel catfish or shovelnose sturgeon. Three-species models were fit using
only the PSPAP-FC data because the BT in the MRBFS was inefficient at capturing channel
catfish and shovelnose sturgeon. At MRBFS sites where a channel catfish or shovelnose
sturgeon had been captured by at least one type of gear, 62.6% of channel catfish sites
had channel catfish caught in BT, and 39.6% shovelnose sturgeon sites caught shovelnose
sturgeon in BT. Corresponding rates were much higher for the OT16 in the PSPAP (90.7%
for channel catfish and 87.2% for shovelnose sturgeon; see Appendix B). Three-species
models had fully parameterized detection components and intercept-only occupancy and
co-occurrence components. The primary purpose of the three-species models was to ex-
amine the co-occurrence of each chub species with either channel catfish or shovelnose
sturgeon; they were also used to estimate the overall occupancy and co-occurrence of sick-
lefin and sturgeon chub more easily due to their simpler model structure. For all models,
we used a multispecies occupancy modeling framework [23] within statistical software
(R version 4.2.2; “occuMulti” function of “unmarked” package version 1.2.5 [39,40]). Given
the structure of extant data, we followed the spatially replicated visit definition used by
previous fishery research [20,37], not traditionally repeated visits [38].

The detection component of occupancy models was used to calculate a detection prob-
ability, that is, probability that a species is detected during a visit to a site where that species
is present [38]. For the type of multispecies occupancy models we used, detection probabil-
ities were calculated independently for each species, and these probabilities were modeled
as functions of covariates [23]. Across all models and species, the detection component had
trawling distance, depth, and velocity as covariates (Table 1). Trawling distance (i.e., level
of effort) is an important factor in detecting most fish species using trawls, including focal
chub species [3,13,41]. Additionally, depth and velocity can affect the efficiency of benthic
trawls [42,43], but they were collected for only a fraction of visits (i.e., trawl deployments)
at a site (i.e., macrohabitat). Consequently, site-level depth and velocity means across visits
were used for the detection component of models. For the two-species models, which
used MRBFS+PSPAP-FC data, we added a covariate for project because each monitoring
program used different types of benthic trawls (i.e., BT versus OT16) and predicted detec-
tion probabilities for each program separately, using median continuous covariate values
specific to each project. For the detection component of each three-species model, we
report predicted occupancy probability for the median value of each continuous covariate.
Detection probability estimates were made with 10,000 bootstrap samples to estimate 95%
confidence intervals (default “predict” methods for the detection component of multispecies
occupancy models in “unmarked” version 1.2.5 [23,40]).
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Table 1. Variables included in detection, occupancy, and co-occurrence components of the two- and
three-species occupancy models of benthic fishes sampled using benthic trawls in the Missouri River
basin. Subheadings, in italics, are variable types, either “Catergorical” or “Continuous.” * = single
species occupancy component of model; ** = parameters were averaged across an entire site and
not necessarily recorded for every trawl deployment. The number of categories for each categorical
variable is listed in parentheses.

Model Type Detection Occupancy * Co-Occurrence

Two-species Categorical Categorical Categorical
Project (2) Sampling year (19) (none)

HUC 8 subbasin (12)
Macrohabitat (5)

Continuous Continuous Continuous
Trawl distance Water temp. ** Water temp. **
Water depth ** Water depth ** Water depth **

Water velocity ** Water velocity ** Water velocity **
Turbidity Turbidity

Three-species Continuous Continuous Continuous
Trawl distance (none) (none)
Water depth **

Water velocity **

For the two-species model, the occupancy component for individual species was
modeled using the categorical factors of year, HUC 8 subbasin, and macrohabitat (Table 1).
Year and subbasin provided means of assessing large-scale temporal and spatial patterns
of occupancy, and macrohabitat is known to be related to the occurrence of our focal
species in the Missouri River [13]. We assessed differences among levels of different
categorical variables by comparing confidence interval overlap among coefficients; levels
where 95% confidence intervals of coefficients did not overlap were considered significantly
different. The categorical variable levels used as a reference condition were included in
these comparisons as a value of 0. Continuous covariates used in the individual species
occupancy component and co-occurrence components of the two-species models were
four measures of water conditions: depth, velocity, turbidity, and temperature (Table 1).
These variables were the only site-level environmental variables consistently collected
by the PSPAP [3]; they were also among the environmental variables collected by the
MRBFS [13]. Depth, velocity, turbidity, and temperature have all been shown to affect the
presence or spawning of sicklefin chub, sturgeon chub, and similar species [13,15,44]. As
temperature and depth are related to the co-occurrence patterns of other fish species [45];
we hypothesized that these factors—along with velocity and turbidity—could also affect
the co-occurrence of focal chub species. The categorical factors of years, HUC 8 subbasins,
and macrohabitats were not included in the co-occurrence component of these models
because their use made it impossible to estimate uncertainty for all factor levels. This was
due to limited information as a result of smaller sample sizes on observed co-occurrence
for years, HUC 8 subbasins, and macrohabitats.

In the three-species models, we sought to describe differences in sicklefin or sturgeon
chub occupancy given the presence or absence of each other, shovelnose sturgeon, or
channel catfish. We also used these models to report an overall occupancy probability for
each species independent of the other species. Because we were not interested in the factors
underlying overall occupancy or co-occurrence for these purposes, we set both occupancy
and co-occurrence components of the three-species models as intercept-only (Table 1).
The co-occurrence components of the three-species models only included second-order
interactions between species because we only wanted to compare pairs of species. To
obtain overall occupancy probabilities, we calculated marginal occupancy probabilities.
To calculate differences in sicklefin or sturgeon chub occupancy given the presence or
absence of other chub species, shovelnose sturgeon, or channel catfish, we calculated
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conditional occupancy for each chub species in each model based on the conditions of
presence and absence of one of each of the other species in the model. For marginal and
conditional occupancy probabilities, we used 10,000 bootstrap samples to estimate 95%
confidence intervals (default “predict” methods for occupancy models in “unmarked”
version 1.2.5 [23,40]). For conditional occupancy probabilities, we checked for overlap
of 95% confidence intervals between each pair of estimates, where a pair consisted of
occupancy probability conditional on presence and occupancy probability conditional on
absence for each possible combination of primary chub species (sicklefin or sturgeon chub),
secondary species used as the condition (the other chub species, shovelnose sturgeon,
or channel catfish), and model (shovelnose sturgeon or channel catfish). We compared
predicted conditional occupancy probabilities instead of coefficients because, in preliminary
analyses, we found that significant differences in co-occurrence coefficients did not always
translate into differences in predicted occupancy.

Single-season occupancy models, including specific multispecies models we used,
have five assumptions. Given the limitations imposed by the data sets and specific model
outputs required by our research objectives, relaxing some of these assumptions was some-
times necessary. The assumptions are as follows: (1) closure: occupancy status at each site
does not change over the sampling period; (2) occupancy probability is constant or modeled
as a function of covariates; (3) there is no unmodeled heterogeneity in detection probability;
(4) independence: detections of a species and detection histories are independent among
sites and visits; and (5) identification: species are correctly identified such that there are no
false positives [23,38].

To address assumption 1, closure, we filtered the PSPAP component of each data set to
include only visits conducted ≤7 days apart at the same site. In cases where >7 days elapsed
between samples, the first 7-day period with at least two samples was retained per site.
These criteria resulted in the exclusion of 85 (~0.007%) possible visits from the PSPAP-FC
data set. Multi-day sampling was rare and >98% of sites had all visits for each site conducted
on the same day for each data set. We address assumption 2 in the two-species models by
modeling occupancy probability as a function of habitat covariates. In the three-species
model, assumption 2 is not explicitly addressed using habitat covariates, but we treat
co-occurrence like a covariate for the purpose of this assumption. We address assumption
3 across all models by modeling detection using covariates known to affect trawl capture
probability (i.e., trawl distance, water depth, water velocity; [42]). For assumption 4,
we used multiple levels of data processing to maintain independence throughout data
sets (Section 2.3). Though three main-channel macrohabitats of MRBFS (i.e., inside bend,
outside bend, and channel crossover) were considered statistically non-independent in
the stratified, random design of Wildhaber et al. [13], independence for the purpose of
occupancy modeling was considered met given the size of each MR bend; this made sites
and visits, i.e., trawl samples, spatially far enough apart to minimize potential for sampling
of the same fish. Assumption 5 was addressed by MRBFS and PSPAP protocols requiring
crews to be trained in fish identification and to send unknown specimens to experts [28].

To assess the predictive ability of occupancy models, we calculated the area under
the receiver operating characteristic (ROC) curve (AUC; [46]) with statistical software
(“roc” function of the “pROC” R package version 1.18.4, [47]). Predicted values for ROC
curves were the products of (predicted cumulative detection probability across visits to
each site) × (predicted occupancy probability at that site). These products were calculated
at each site for each species included in a model, and each combination of species × site
was used in the predicted data set for the ROC curve. Mean predictions for visit-level
detection probabilities and site-level occupancy probabilities were calculated directly from
data used from each specific model (“predict” methods for multispecies occupancy models
in “unmarked” version 1.2.5 [39,40]). Cumulative detection probabilities were calculated as
1 − ∏n

i=1(1 − pi), where i was a visit, n was the total number of visits to a site, and pi was
the predicted detection probability for visit i. For the AUC analysis, known site-level
occurrence of co-occurring species was used to inform occupancy predictions for each
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primary species, i.e., the species for which occupancy probability was being calculated. If a
co-occurring species was detected at a site during at least one visit, the predicted occupancy
of the primary species was calculated as conditional upon the presence of the detected
species [23]. If a potentially co-occurring species was not detected, no prediction condition
was applied for non-detected species.

In terms of interpreting AUC values, AUC > 0.5 indicates the model makes predic-
tions better than random chance [46]. AUC = 1.0 means that all sites with (occupancy
probability) × (detection probability) ≥ 0.5 had observations of a given species and that
all sites with (occupancy probability) × (detection probability) < 0.5 had no observations
of a given species [46]. One potential way of qualitatively assessing AUC can be found in
Hosmer et al. [48].

2.4.2. Post Hoc Missouri River Discharge Analyses

Previous research indicates that the abundance and distribution of focal chub species
in the MR may be linked to variability in annual river discharge [12]. We wanted to conduct
exploratory analyses to further examine potential patterns of focal chub species site occu-
pancy related to annual mean MR discharge across a time scale spanning multiple decades.
Annual hourly mean MR discharge, in m3/s, was calculated for each sampling year using
data from USGS hydrological stations near Wolf Point, Montana (Site ID 06177000), and
Hermann, Missouri (Site ID 06934500), representing the UMR and LMR, respectively [49].
Wolf Point had the only station between Fort Peck Reservoir and Lake Sakakawea with con-
tinuous discharge records during the study period, whereas Hermann was the downstream-
most station on the MR with continuous discharge records during the study period. To
calculate annual hourly mean discharge for each station, discharge was averaged hierar-
chically by hour, then day, and then sampling year, that is, November 1 of one calendar
year to October 31 of the following year. For all analyses involving the UMR (i.e., Wolf
Point station), sampling year 2011 was excluded because its annual hourly mean discharge
of 798 m3/s was an extreme outlier; the mean ± 1 standard deviation across 19 sampling
years for Wolf Point station was 279 ± 150 m3/s.

For the response variable of occupancy-related exploratory discharge analyses, we
used yearly occupancy coefficients for each focal chub species from the two-species oc-
cupancy model. We were unable to include discharge as a covariate within occupancy
models for several reasons. First, there were few stations along the MR that measured
discharge for the duration of the study, making it difficult to assign discharge values to
individual sites. Second, biological processes likely influenced by discharge, such as chub
spawning and recruitment, generally happen on an annual scale [1,2]. Third, annual dis-
charge is related to location along the river (i.e., HUC 8) and year, creating multicollinearity
concerns. Fourth, because we averaged hourly discharge across entire years, there would
be pseudo-replication of discharge observations within each year if incorporated into a
site-scale occupancy model.

We conducted eight linear regression models for occupancy coefficients versus dis-
charge. Models were separated by species (2; sicklefin or sturgeon chub), MR section
(2, UMR or LMR), and relative year of discharge (2; current year or prior year). We ana-
lyzed prior-year discharge in addition to current-year discharge separately because both
current sampling year and prior sampling year could result in possible lag effects of dis-
charge that have been observed for previous fishes [50]. We only examined the current-year
and prior-year discharge because most chubs in the Missouri River are less than 2 years
old [1,2,51]. Linear regressions were conducted in statistical software (“lm” function of the
“stats” package in R version 4.2.2 [39]).

2.4.3. Observed Co-Occurrence and Simulations

In addition to channel catfish and shovelnose sturgeon, we were also interested in
focal chub species co-occurrence patterns related to uncommon secondary fish of interest
(USFI), namely pallid sturgeon, walleye, and sauger. All three of these species were selected
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mainly due to their potential predation on focal chub species. Walleye and sauger are also
important sportfishes [36], whereas pallid sturgeon is a federally listed, endangered species
in the United States [35] that preys on focal chub and other small fish to reach adulthood
and survive as adults [6,34,35,52–54]. In our comparisons, juvenile pallid sturgeon were
considered as a separate USFI from adults because they are less piscivorous and instead as
potential competitors for sicklefin and sturgeon chub [33]. The cutoff we used for juvenile
pallid sturgeon was total length < 500 mm; pallid sturgeon ≥ 500 mm are almost exclusively
piscivorous [6,34,35,52–54].

These larger USFI are generally mobile in the riverine environment and are likely
to violate the closure assumptions of occupancy models [35,54,55]. Additionally, the
implementation of the PSPAP resulted in few synchronized deployments of gear types
that effectively detected both focal chub species and USFI. Because these issues precluded
the use of occupancy modeling, we could not account for the imperfect detection of
co-occurrence of focal chubs and USFI. Alternatively, we used Monte Carlo methods,
detailed below, to compare proportional rates of observed co-occurrence to predicted
rates of observed co-occurrence based on random chance. The primary purpose of these
comparisons was to inform hypotheses to test in the future using a different sampling and
analytical design.

The subset of data used for comparison between focal chub species and USFI detections
started with only PSPAP-FC data, due to the unique presence of bends in that data set with
some concurrent or nearly concurrent sampling using multiple types of actively pulled
gear. OT16 data in PSPAP-FC were supplemented with captures from trammel nets 38.1 m
in length (TN). Due to its larger size compared to the OT16 [27], the TN was able to detect
USFI missed by OT16. Passive and bait-based gears types were not considered due to a
lack of comparability to the actively pulled OT16. The mobility and seasonal migration of
adult pallid sturgeon [35,52–54,56], walleye [55], and sauger [55] created multiple issues
that required further consolidation and filtering of the TN-supplemented PSPAP-FC data
set. Due to the potential for movement of USFI across macrohabitats within a river bend,
detection/non-detection of focal chub species and USFI were consolidated to bend level.
To capture coarse spatial variation in patterns of observed co-occurrence, this bend-level
data set was portioned into three regions: (1) PSPAP-FC bends in the Upper Missouri River
(UMR), i.e., upstream of Lake Sakakawea; (2) PSPAP-FC bends in the Lower Missouri River
(LMR), i.e., downstream of Gavin’s Point Dam; and (3) all bends in the filtered PSPAP-FC
data set, i.e., in both the UMR and LMR.

To predict observed co-occurrence (OC) rates based on random chance, we calculated
an expected probability of OC based on random chance as

C × U

(n bend)
2 (1)

where C was the number of bends where a given focal chub species was detected, U was
the number of bends where a given USFI was detected, and nbend was the region-specific
(i.e., UMR, LMR, or combined UMR + LMR) total number of bends in the filtered PSPAP-
FC data set. These expected probabilities of OC were calculated for each combination
of focal chub species (2), USFI (4), and MR region (3) for 24 total test combinations. For
each test combination, we conducted 100,000 Bernoulli-distribution-based Monte Carlo
simulations using statistical software (“rbinom” function with size = 1 in the “stats” package
of R version 4.2.2). For each simulation, the number of observations was the number of
bends in a regional data set, and the probability of OC for each observation was the expected
probability of OC based on random chance. The predicted OC rate for a simulation was
calculated by dividing the number of bends with predicted OC by the number of bends in
that simulation’s region.

To compare the actual versus predicted OC rate for each test combination, we con-
ducted unidirectional tests that calculated the proportion of simulated predictions either
greater than or less than the actual OC rate. Greater than tests (prediction < actual) were
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used if the actual OC rate was less than the expected probability of OC for a test combi-
nation; otherwise, a less than test (prediction > actual) was used. Following the language
of [57], we note proportions of simulated predictions meeting test criteria (q) at thresholds
of q ≤ 0.10, q ≤ 0.05, q ≤ 0.01, and q ≤ 0.001 as weak evidence, moderate evidence, strong
evidence, and very strong evidence of non-random actual OC, respectively.

3. Results

3.1. Two-Species Occupancy Models
3.1.1. Occupancy and Co-Occurrence

In the fully parameterized two-species model, occupancy probabilities varied between
years and species, reflecting both increasing and decreasing chub spatial distribution and,
possibly, abundance (Figure 2). For sicklefin chub, 2003 and 2005 had higher occupancy
coefficient estimates than at least two other years. In addition, 1996, 2008, and 2011 had
estimates lower than at least two other years (Figure 2). For sturgeon chub, 1996, 2005, 2006,
2012, and 2013 had higher occupancy coefficient estimates than at least two other years;
2016 and 2018 had lower estimates than at least two other years (Figure 2).

Figure 2. Mean occupancy coefficient estimates with 95% confidence intervals of year from multispecies
occupancy model for sicklefin (Macrhybopsis meeki) (top) and sturgeon (M. gelida) (bottom) chub. Sig-
nificant differences between means are indicated by compact letter display groups above each bar.
All data were collected with benthic trawls. Year 1996 was used as the reference year (i.e., set to
zero); however, note that each species has a separate occupancy intercept, so plots of different species
cannot be directly compared.

For sicklefin chub HUC 8 occupancy coefficients, the UMR HUC 8 subbasins between
the Redwater River confluence and Lake Sakakawea (2237 to 2705 km) were greater than
the UMR HUC 8 just below Fort Peck Dam (river km 2705 to 2850), the reference condition
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(i.e., set to zero). The occupancy coefficient for the HUC 8 containing Gavins Point Dam
was not different from that of the reference HUC 8; occupancy was similar for the four HUC
8 subbasins starting just upstream of Gavins Point Dam and ending 86 km downstream of
the Platte River confluence (872 to 1416 km; Figures 1 and 3). Occupancy for the five HUC
8 subbasins from river km 0 to 872 was higher than the reference and the HUC 8 containing
Gavins Point Dam.

Sturgeon chub HUC 8 subbasin occupancy patterns had similar overall trends as
sicklefin chub such as relative decreases below hydro-electric dams, but patterns were less
clearly defined (Figure 3). Sturgeon chub occupancy coefficients were (i) greater than the
reference HUC 8 just below Fort Peck Dam (2705 to 2850 km) in both UMR HUC 8 subbasins
between the Redwater River confluence and Lake Sakakawea (2237 to 2705 km) but (ii) less
than the reference for LMR HUC 8 subbasins containing and just below Gavins Point Dam
(1183 to 1416 km; Figures 1 and 3). The UMR reference HUC 8 subbasin immediately below
Fort Peck Dam (2705 to 2850 km) was similar to several of the LMR HUC 8 subbasins
downstream of those containing and just below Gavins Point Dam (Figure 3).

Sicklefin chub occupancy coefficients were significantly greater for inside bend macro-
habitat compared to channel crossover, outside bend, and secondary connected channel
macrohabitats, with the latter having the lowest mean occupancy coefficient (Figure 4).
Sturgeon chub had a higher occupancy coefficient for inside bend and secondary connected
channel compared to channel crossover macrohabitats (Figure 4).

Focal chub occupancy differed with environmental variables. Sicklefin chub occu-
pancy was not significantly related to any water conditions included in the two-species
model; coefficients were −0.066 (−0.260, 0.132) for depth, −0.055 (−0.856, 0.745) for water
velocity, 0.001 (0.000, 0.002) for turbidity, and −0.039 (−0.112, 0.034) for water tempera-
ture. In contrast, sturgeon chub occupancy had a marginal negative relationship to depth
−0.244 (−0.489, 0.001), was positively related to water velocity 0.883 (0.046, 1.720), was not
significantly related to turbidity 0.000 (−0.002, 0.002), and was negatively related to water
temperature −0.088, (−0.158, −0.018).

In the two-species model, the mean co-occurrence intercept was positive with a 95%
confidence interval excluding 0. In the two-species model, there was no statistically sig-
nificant relationship between environmental covariates assessed and the co-occurrence of
sicklefin and sturgeon chub; mean coefficient estimates with 95% confidence intervals were
0.138 (−0.191, 0.467) for depth, −0.173 (−1.342, 0.997) for water velocity, −0.0008 (−0.003,
0.002) for turbidity, and −0.036 (−0.127, 0.054) for water temperature.

3.1.2. Model Performance and Detection

The AUC for the two-species model was 0.862, corresponding to what Hosmer et al. [48]
calls “excellent discrimination.” In species-specific detection components of the two-species
model, the detection probability of sicklefin chub increased with trawl distance and water
depth (Figure 5). The detection probability of sturgeon chub increased with trawl distance,
decreased with increasing depth, and increased with velocity (Figure 5). Our expected
finding of increased detection probability with increased trawl distance (effort) for both
focal chub species, is comparable to results for fish species of similar size and habitats in
rivers of Iowa, USA [41]. For the categorical effect of project, detection coefficients, as mean
(95% confidence interval), for the PSPAP project were −0.382 (−0.164, −0.600) for sicklefin
chub and −0.592 (−0.372, −0.812) for sturgeon chub relative to the MRBFS observations.
Median covariate values used to predict detection probability were 150 m trawl distance,
2.50 m water depth, and 0.646 m/s water velocity for MRBFS data; for PSPAP data, they
were 161 m trawl distance, 2.05 m water depth, and 0.381 m/s water velocity. Using the
two-species model and its coefficients, mean estimates of visit-level detection probabilities
based on these median values were 0.38 (0.36, 0.41) for sicklefin chub in the PSPAP and
0.48 (0.43, 0.52) in the MRBFS, while 0.26 (0.23, 0.29) and 0.38 (0.33, 0.42) for sturgeon
chub, respectively. Regarding environmental effects on detection probability, previous
occupancy modeling of the focal chubs found large-scale spatial heterogeneity in detection
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probability for the Lower MR [20]; our results regarding water conditions complement
those findings by informing the effects of local water conditions on detection probability.
The positive relationship of depth with detection probability for sicklefin chub differs from
previously observed detection/non-detection data for this species, where there was not a
significant relationship between the number of zero catches and depth [3]. For sturgeon
chub, the negative relationship of depth and positive relationship of velocity with detection
may signal abundance effects, that is, more sturgeon chub at shallow and higher velocity
sites. In the current study, sturgeon chub occupancy probability was marginally negatively
related to depth and positively related to velocity. As occupancy can be correlated with
abundance [21], this supports previous research showing non-zero catches and abundance
of sturgeon chub being negatively correlated with depth [3]. Though less clear than
the relationships between detection and trawl distance, these environmental effects on
detection still provide new insight into water conditions related to the capture of these
chub species.

3.2. Three-Species Occupancy Models
3.2.1. Occupancy and Co-Occurrence

In both channel catfish and shovelnose sturgeon models, mean predicted marginal
occupancy probabilities (with 95% confidence intervals) for individual chub species at the
macrohabitat scale—across the entire study area and time period—were 0.42 (0.40, 0.45) for
sicklefin chub and 0.41 (0.39, 0.44) for sturgeon chub.

For the three-species models, co-occurrence intercepts for sicklefin chub × sturgeon
chub were positive with 95% confidence intervals excluding zero [58]. Predicted marginal
occupancy probabilities were significantly higher for sicklefin chub when sturgeon chub
were present, and vice versa (Figure 6). Predicted occupancy probability was, on average,
2.8× higher for sicklefin chub in the presence of sturgeon chub, compared to occupancy
probability in the absence of sturgeon chub; it was, on average, 2.9× higher for sturgeon
chub in the presence of sicklefin chub.

Sicklefin chub and sturgeon chub had higher occupancy probabilities when channel
catfish and shovelnose sturgeon were present (Figure 6). The sicklefin chub occupancy
probability was, on average, 3.5× higher in the presence of channel catfish as compared
to their absence; this rate was 1.7× higher for sturgeon chub. The sicklefin chub occu-
pancy probability, was, on average, 3.1× higher in the presence of shovelnose sturgeon as
compared to their absence; this rate was 1.4× higher for sturgeon chub.

3.2.2. AUC and Detection

The AUC was 0.757 for the three-species model with channel catfish and 0.769 with
shovelnose sturgeon, a decrease of 0.10 to 0.105 in AUC from the two-species models;
these values correspond to what Hosmer et al. [48] call “acceptable discrimination.” The
detection probability of channel catfish increased with water depth and decreased with
water velocity (Figure 6). The detection probability of shovelnose sturgeon increased with
both trawl distance and water depth (Figure 6).

For the three-species models, median covariate values used to predict detection prob-
ability were 159 m for trawl distance, 2.06 m for water depth, and 0.372 m/s for water
velocity. Mean estimates of visit-level detection probabilities (with 95% confidence inter-
vals) using median detection covariate values were 0.36 (0.34, 0.39) for sicklefin chub and
0.21 (0.19, 0.23) for sturgeon chub in both the channel catfish and shovelnose sturgeon
models. This pattern of detection is similar to that found by [20], including higher detec-
tion probabilities for sicklefin chub than sturgeon chub in the MR. Channel catfish model
detection probability was 0.45 (0.41, 0.48) for channel catfish. Shovelnose sturgeon model
detection probabilities were 0.37 (0.34, 0.41) for shovelnose sturgeon.
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Figure 3. Mean occupancy coefficient estimates from multispecies occupancy model by National Hydro-
logic Database 8-digit Hydrologic Unit Code (HUC 8) subbassins for sicklefin (Macrhybopsis meeki) (top)
and sturgeon (M. gelida) (bottom) chub, defined here by lowest HUC 8 Missouri River kilometer
(MR km). All data were collected with benthic trawls. Significant differences between means are
indicated by compact letter display groups above each bar. Vertical dashed lines represent locations
of major dams. Fort Peck Dam (FP) is located at MR km 2850; Gavins Point Dam (GP) is located at
MR km 1305 as indicated by vertical dashed lines. The HUC 8 corresponding to MR km 2705 was
used as the reference condition (i.e., set to zero); however, note that each species has a separate
occupancy intercept, so plots of different species cannot be directly compared.
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Figure 4. Mean occupancy coefficient estimate from multispecies occupancy model by macrohab-
itat type (channel crossover (CHXO), inside bend (ISB), outside bend (OSB), secondary connected
channel (SCC), and tributary mouth (TRM)) for sicklefin (Macrhybopsis meeki) (top) and sturgeon
(M. gelida) (bottom) chub. Significant differences between means are indicated by compact letter
display groups above each bar. All data were collected with benthic trawls. CHXO was used as
the reference condition (i.e., set to zero); however, note that each species has a separate occupancy
intercept, so plots of different species cannot be directly compared.

3.3. Missouri River Discharge Relationships

When comparing annual discharge to year coefficients for occupancy, we found neg-
ative relationships between current-year discharge and yearly occupancy coefficients for
sicklefin chub in both the UMR and LMR; there was also a negative relationship between
sicklefin chub occupancy coefficients and LMR’s previous-year discharge (Figure 7). There
was no evidence of a relationship between the yearly occupancy coefficient and UMR dis-
charge for the prior year for sicklefin chub (Figure 7). For sturgeon chub, there was marginal
evidence for a negative relationship between current-year discharge in the LMR and yearly
occupancy coefficients (Figure 7). There was no other evidence for relationships between
mean annual discharge and sturgeon chub annual occupancy coefficients (Figure 7).

3.4. Observed Co-Occurrence and Simulations

Prior to additional filtering of the PSPAP-FC data set to account for the inclusion of
trammel net (TN) captures, there were 474 PSPAP-FC river bends in the UMR, 1164 in
the LMR, and 1638 bends in the entire MR. Filtering of PSPAP-FC bends to include only
bends where TN sampling took place within the same week as OT16 sampling reduced the
number of bends to 252 (53% of original bends) for the UMR, 201 (17%) for the LMR, and
453 (28%) for the entire MR.
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Figure 5. Mean detection coefficients with 95% confidence intervals of three continuous covari-
ates for four Missouri River Basin benthic fish species across three multispecies occupancy mod-
els. Coefficients are on a logistic scale. For column headings, all models include sicklefin chub
(Macrhybopsis meeki) and sturgeon chub (M. gelida); three-species models also include species in
parentheses. All data were collected with benthic trawls.

 

Figure 6. Conditional occupancy probability for sicklefin (Macrhybopsis meeki) (top) and sturgeon
(M. gelida) (bottom) chub in three species models. All data were collected with benthic trawls.
Significant differences between means are indicated by an asterisk (*) above the absent condition bar.
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Figure 7. Linear regressions of annual mean discharge in Upper (UMR) and Lower Missouri River
(LMR) and mean yearly occupancy coefficient estimates for sicklefin (Macrhybopsis meeki) and sturgeon
(M. gelida) chub. “Current” represents discharge data from the same year as the occupancy coefficient.
“Prior” represents discharge data from the year prior to the occupancy coefficient. Shaded area
represents a 95% confidence interval.

Co-occurrence rates with piscivorous fishes differed between the chub species. The
observed co-occurrence of sicklefin chub and adult pallid sturgeon was 44% higher than
expected over the entire MR, 62% higher in the UMR, and 24% higher in the LMR (Figure 8).
For sicklefin chub and juvenile pallid sturgeon, observed co-occurrence was 2% less than
expected for the entire river and 66% less and 10% higher for the LMR and UMR, respec-
tively. For sicklefin chub and sauger, observed co-occurrence was 2% lower than expected
throughout the entire river, 23% lower for the LMR, and 7% higher for the UMR. For
sicklefin chub and walleye, observed co-occurrence was 24% lower than expected for the
entire river, and 41% higher than expected for the UMR. In the LMR, there was no observed
co-occurrence between walleye and sicklefin chub (100% less than expected).

The observed co-occurrence of sturgeon chub and adult pallid sturgeon was 16% higher
than expected for the entire river, 3% higher than expected for the LMR, and 20% higher
than expected for the UMR (Figure 8). Observed co-occurrence between sturgeon chub
and juvenile pallid sturgeon was 30% higher than expected for the entire river, 10% higher
than expected for the UMR, and 68% lower than expected for the LMR. For sturgeon
chub and sauger, observed co-occurrence was 24% higher than expected for the entire
river, 1% higher than expected for the UMR, and 3% higher than expected for the LMR.
Observed co-occurrence between sturgeon chub and walleye was 15% lower than expected
for the entire river, 85% lower than expected for the LMR, and 4% higher than expected for
the UMR.

For adult pallid sturgeon, there was weak evidence for higher-than-random observed
co-occurrence (OC) with sicklefin chub in the UMR, and when the UMR and LMR were
lumped (Figure 8). There was no evidence of different-from-random OC of adult pallid
sturgeon and sturgeon chub for any MR region (Figure 8). Actual OC rates for adult pallid
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sturgeon and individual focal chub species were 0.04 and 0.01–0.03 across chub species in
the UMR and LMR, respectively.

Figure 8. Comparisons of proportions of bends with known and predicted observed co-occurrence of
sicklefin (Macrhybopsis meeki) and sturgeon (M. gelida) chub with pallid sturgeon (Scaphirhynchus albus)
adults, pallid sturgeon juveniles, sauger (Sander canadensis), and walleye (Sander vitreus) as detected
by otter trawl and trammel net. Labels on x-axes indicate if sampling occurred in the Upper Missouri
River (“Upper”), Lower Missouri River (“Lower”), or a combination of the two (“Both”). Numbers
in parentheses are bends sampled by trammel nets within a week of an otter trawl sample. Predic-
tions were calculated based on the assumption of random chance of observed co-occurrence using
100,000 Bernoulli-distribution-based Monte Carlo simulations; error bars are 0.05 and 0.95 quantiles.
Actual observed co-occurrences are directly from field sampling data. Proportion of simulations
where prediction > actual (P > A) or proportion of simulations where prediction < actual (P < A).
Symbols above equations indicate proportion of simulations meeting test criteria; no symbol or
equation is >0.10, + is ≤0.10 but >0.05, ** is ≤0.01, and *** is ≤0.001.

For juvenile pallid sturgeon, there was strong evidence for lower-than-random OC
with sicklefin chub in the LMR only (Figure 8). For juvenile pallid sturgeon and sturgeon
chub, there was weak evidence of lower-than-random OC in the LMR and strong evidence
for higher-than-random OC when the UMR and LMR were lumped (Figure 8). Actual OC
rates for juvenile pallid sturgeon and individual focal chub species were 0.22–0.33 and
0.01–0.02 across chub species in the UMR and LMR, respectively.

There was no evidence of different-from-random OC of sauger and sicklefin chub for
any MR region (Figure 8). For sauger and sturgeon chub, there was strong evidence of
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higher-than-random OC only when the UMR and LMR were lumped (Figure 8). Actual
OC rates for sauger and individual focal chub species were 0.32–0.45 and 0.04–0.06 across
chub species in the UMR and LMR, respectively.

For walleye and sicklefin chub, there was weak evidence for higher-than-random OC
in the UMR and very strong evidence of lower-than-random OC in the LMR (Figure 8).
For walleye and sturgeon chub, there was strong evidence of lower-than-random OC in
the LMR (Figure 8). Actual OC rates for walleye and individual focal chub species were
0.08–0.09 and <0.01 across chub species in the UMR and LMR, respectively.

4. Discussion

This study examined the occupancy of sicklefin and sturgeon chub within the Missouri
River. Overall, they appear to differ somewhat in the habitats they occupy and have shown
differing occupancy patterns over time. For example, sicklefin chub occupancy was related
to annual discharge; unlike sturgeon chub, sicklefin chub occupancy was higher at the
inside bend habitat and lower at the secondary connected channel habitat, whereas sturgeon
chub occupancy was equally high in both habitats. Lastly, sturgeon chub occupancy stayed
fairly constant over the 23-year study period, with a general downward trend at the end of
that period. Sicklefin chub had many more fluctuations in occupancy that, though partially
recovering, never returned to its highest occupancy levels in the early 2000s. Even though
this study found some major differences between sicklefin and sturgeon chubs, there were
also general commonalities. When averaged across all sampling years and sites within the
study area, the mean occupancy probabilities of sicklefin and sturgeon chubs were almost
identical. Both chub species had lower occupancy rates below dams. Co-occurrence was
strong for the two chubs with each other, channel catfish, and shovelnose sturgeon. The
observed co-occurrence of chubs and pallid sturgeon was potentially higher than expected
for adult sturgeon; for juvenile pallid sturgeon, it was lower than expected in the Lower MR
and likely higher than expected in the Upper MR. Co-occurrence with the two chub species
was mostly less than expected with walleye and sauger. As with many phenotypically
similar species, habitats occupied by sicklefin and sturgeon chubs share some features,
but the two species show differing historical patterns and habitat associations, suggesting
individual species management may be needed.

4.1. Occupancy Patterns

From a temporal perspective, sicklefin chub occupancy tended to be higher in the
early to mid-2000s and mid-to-late 2010s. For sturgeon chub, there was much less variation,
aside from a potential decline in the mid-to-late 2010s. Due to the sampling design of the
PSPAP, where the same sites were not sampled every year, these changes in occupancy
coefficients represent changes in the overall proportion of occupied sites per year rather
than the extirpation or colonization of specific sites and, potentially, changes in population
size [25]. This potential decline in occupancy matches with results reported by [15], based
on sampling 60 km of the MR just above the confluence with the Yellowstone River (YR)
downstream toward Lake Sakakawea, which found the catch rate of sturgeon chub in the
UMR both from age 0 to 1 and over 1 year old was negatively correlated with passing
years from 2004 to 2016. We found sicklefin chub annual occupancy coefficients were
more variable and showed a pattern of higher occupancy rates around 2003–2005 and
2014–2016 for sicklefin chub, compared to other years. This result is also supported by [15],
which found no significant correlation between catch rate and year for sicklefin chub in
the UMR but noted lower catch rates in 2010 and 2012. Data from a longer time period, as
well as information on potential population drivers such as food availability and patterns
from other small fish species, would increase temporal predictive ability for the species.
Previous research based on PSPAP data [3] documented a pattern of decline in UMR
sicklefin chub relative abundance starting in 2003 through 2010, which coincided with
increased pallid sturgeon stocking in the UMR [7]. This pattern of decreased sicklefin chub
relative abundance with increased stocking of pallid sturgeon, along with one for sturgeon
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chub, in the UMR was also demonstrated by [15]. In our analysis, this pattern is seen in our
annual occupancy coefficients for sicklefin chub, with lower occupancy in the late 2000s
into the early 2010s followed by what appears to be a partial recovery in the mid-to-late
2010s despite continued stocking of pallid sturgeon.

If we consider occupancy patterns as a potential index of population size, the cur-
rent study results suggest there was an increase in MR sicklefin chub populations from
2011 to 2014. This increased occupancy appears to be somewhat less than the levels ob-
served in the early 2000s and was followed by lower occupancy levels from 2015 to 2018.
Our results suggest that sturgeon chub populations have been at relatively constant levels,
similar to those identified as a concern by USFWS in 2000, but declining more recently.

From a large-scale spatial perspective, aside from potential dam effects, occupancy
between the UMR and LMR was often similar for sicklefin chub, supporting the results
of [3,13]. Spatial occupancy patterns for sturgeon chub relative to dam locations were
less consistent, but there was a general pattern of higher occupancy coefficients in the
UMR compared to the reference HUC 8 just below Fort Peck Dam. Based on our analyses,
sturgeon chub occupancy appears to have been stable in the LMR at least since the late 1990s
until the late 2010s, when occupancy began to drop. These patterns follow [3,13], where
many more sturgeon chub were collected in the UMR and YR compared to the LMR. One
difference between areas upstream and downstream of Gavins Point Dam is the increased
channelization of the river segments downstream of the dam [59], a potential driver of
sturgeon chub occupancy rates that could be a subject for future research. Sturgeon chub
were also never detected in the Kansas River, despite being reported as commonly caught
there prior to 1953 [60].

Both focal chub species had relatively high occupancy coefficients in the MR away from
major mainstem MR dams compared to HUC 8 subbasins immediately below Fort Peck
and Gavins Point Dams, providing evidence for an apparent effect of dams on occupancy.
Relatively low occupancy downstream of Gavins Point Dam continued for ≈438 river
km after the dam for sicklefin chub and ≈311 river km for sturgeon chub. Relatively low
occupancy downstream of Fort Peck Dam continued for ≈159 river km for both sicklefin
and sturgeon chub. Dieterman and Galat [61] found that sturgeon chub populations were
vulnerable to habitat fragmentation and needed ≈300 continuous river kilometers for
the persistence of metapopulations, so low occupancy rates in the LMR could represent
local extinction of populations cut off from a population source. Our results regarding
dams are reflected by prior relative-abundance-based analyses of the MRBFS and PSPAP
data sets. For the MRBFS, capture rates of both chubs in river segments immediately
downstream of Fort Peck and Gavins Point Dams were too low to effectively model
relative abundance when that data set was considered by itself [13]. Like the occupancy
coefficients in current analyses, Wildhaber et al. [3] used PSPAP data from 2003 to 2010 to
find a lower relative abundance of focal chubs immediately downstream of both dams.
From 1996 to 1998 during the MRBFS, both chub species were collected, primarily, in river
segments above Fort Peck Lake (MR segments above Fort Peck Lake were not sampled
during PSPAP) and between Fort Peck Dam and Lake Sakakawea [13]; collection numbers
were too low for both species just below Fort Peck Dam to model. Therefore, the MRBFS
results presented by [13] are similar to our occupancy results in that sicklefin chub numbers
tended to be higher in the LMR than for sturgeon chub whose numbers were much higher
in the UMR, whereas both species had low numbers just below Fort Peck and Gavins
Point dams. Again, one possible reason for the lower numbers of sturgeon chub in the
LMR may be due to its channelization making it a much deeper, faster river than it was
historically [59]. The pattern of lower occupancy or relative abundance below dams for
these chub species has been described elsewhere [1,2,61] for sicklefin chub, with authors
predicting the highest presence for sicklefin chub at distances exceeding 301 km below
an impoundment. For the MRBFS, this same pattern of limited chub collections below
LMR dams is supported by the fact that the only LMR segments where chub species were
collected enough for occupancy modeling were the last two segments from below the
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Grand River to the Mississippi River confluence for sicklefin chub [12]. This observation
is supported by the fact that previous research on the presence/absence of sicklefin in
the MR and YR was possible only at the segment scale [61], similar in scale to the HUC
8 component of our model. Additionally, resampling by USFWS in 1994 of historic main
channel and secondary connected channel sites sampled by [62] on the MR, limited to
Missouri, collected only 93 sicklefin and 26 sturgeon chub above the Grand River based on
38 and 25 ft seine deployments covering a total of 14,120.6 m2 [63], with neither species
collected in 1997 at two of the same sites [64].

This study, as with previous research [1–3,13,65], described sicklefin and sturgeon chub
as being found in main-channel, moderate-to-high-flow macrohabitats. Sicklefin chub have,
at least in the past several decades, been found primarily in the mainstem MR, whereas
sturgeon chub have been found both in the MR main channel and its tributaries [1–3,13,65].
In this study, inside-bend, main-channel macrohabitat tended to have relatively high occu-
pancy coefficients for both species. Interestingly, secondary connected channel and inside
bend had similar occupancy coefficients for sturgeon chub, whereas secondary connected
channel was less occupied by sicklefin chub compared to other macrohabitats. This di-
vergent pattern of secondary connected channel habitat occupancy may provide niche
partitioning between sicklefin and sturgeon chub. Current analyses show similar results
as the MRBFS [13] in that main and secondary connected channels tended to have the
highest occupancy for sturgeon chub. During the PSPAP sampling, macrohabitats were
sampled within a bend, so original comparisons possible among macrohabitats were nested
within a bend [3]. Macrohabitat usage patterns found previously [3] indicate that sturgeon
chub tended to be found in bends with additional macrohabitat types beyond the main
channel (i.e., inside bends, outside bends, and channel crossover). However, the relative
abundance of sicklefin and sturgeon chub where found tended also to be higher in bends
with secondary connected channels, without additional macrohabitats in the UMR, and
lower for sicklefin chub in the LMR [3]. Within a bend type, which particular flowing macro-
habitats present tended to have the highest relative abundance varied between species and
between the UMR and LMR [3]. These differences in macrohabitat usage between species
suggest that sicklefin chub are more frequently found in main-channel macrohabitats than
sturgeon chub. In the laboratory [33], further potential evidence for niche partitioning
among our study species comes from the fact that sicklefin chub selection of mud or sand
habitat was unaffected by the presence of food, whereas juvenile pallid, shovelnose, and
pallid/shovelnose hybrid sturgeon selected habitat with food. The selection for mud over
sand was also greater for juvenile pallid sturgeon compared to sicklefin and shoal chub
(Macrhybopsis hyostoma) and pallid/shovelnose hybrid sturgeon [33].

Water conditions can be related to the occupancy coefficients of sturgeon chub but
not sicklefin chub. In this study, sturgeon chub were found more often in cooler, faster
water. Previous research using various subcomponents of data that we also used provides
a mixed picture for these two chub species, with studies differing in what water conditions
are considered best for their presence or abundance. Because the focus of our study is
general patterns across much of the range of these species, we only report patterns from
other literature as opposed to specific values, as these values may not be applicable to the
scale of our study. Sicklefin chub have been found more often in cooler water (MRBFS and
PSPAP, [3,13]), but work MR 8 km upstream and 48.3 km downstream of the confluence
with YR and 24 km of the lower YR [66] found them in warmer waters. Wildhaber et al. [3]
found that sturgeon chub occurred most often in cooler water in the UMR. Sampling the
same area as [59], with the addition of an inter-reservoir segment below Lake Sakakawea,
sicklefin chub were reported to occur more often in slower water [44] where [66] reported
faster water use; similar patterns have been reported for sturgeon chub [44,66]. The MR
inter-reservoir segments lack water conditions conducive to chub survival, as we and [44]
found neither chub in the inter-reservoir segments below Lake Sakakawea. Sicklefin and
sturgeon chub were found to occur more often in deeper water in the UMR [3], but sturgeon
chub were found to occur more often in shallower water in the LMR [3]. When analyzing
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the presence/absence of sicklefin chub with river segment (i.e., 48.3 to 191.6 km; similar
in size to an HUC 8) as the site, sicklefin chub were found to occur more often in turbid
waters [44]. Flow constancy and the percentage of annual flow occurring in August [61]
also seem to affect sturgeon chub, which occur more often in faster water in the UMR and
LMR [3]. Sturgeon chub occur more often in either clearer [3,66] or turbid waters [44,61].

Further research is needed to help clarify the relationship of sicklefin and sturgeon
chub occupancy to water conditions. Whereas previous researchers came to some different
conclusions compared to ours and others, the spatial scale model of their studies [61] and
their spatial extents [15,44,66] differ greatly from ours and cover shorter time spans. Our
model included both large and small spatial scale components examined across the previous
studies. For example, Dieterman and Galat [61] may have included some additional
MR segments above Fort Peck Dam and segments above the Grand River that were not
included in our study, but their analyses were done at the scale of segment, similar to
our HUC 8 subbasins, which account for the geographic differences along the MR. In
our case, by including the HUC 8 subbasins in our model to account for geographic
differences, any additional significance of temperature, depth, velocity, and turbidity in
the model is after accounting for the geographical differences and represent range-wide,
general patterns, so our analyses provide a wider-spanning picture as to temporal and
spatial, long-term patterns of occupancy for sicklefin and sturgeon chub in the MR than
previously available. Given the strong predictive ability of the occupancy component of
the two-species occupancy model, as demonstrated by a high AUC value of 0.862, our
broad-scale patterns related to water conditions could provide valuable information needed
to make management decisions related to sicklefin and sturgeon chub, even at the local
scale of macrohabitat.

4.2. Possible Discharge Patterns

Occupancy coefficient patterns relative to annual discharge suggest that discharge
could be a contributing factor to changes seen in sicklefin chub over time. The annual
pattern of occupancy coefficients for sicklefin chub appears to be negatively related to prior-
and current-year discharge in the LMR and current-year discharge in the UMR. These
results suggest higher annual discharges may be detrimental to sicklefin chub populations
in the LMR. It is possible that this negative relationship is due to either the reduction in
already reduced shallow spawning habitats or the loss of sicklefin chubs from the system
by being swept into the Mississippi River by higher discharge in the more channelized
LMR [1,33]. Relationships to river discharge have been shown for spawning in other
cypriniform fishes such as grass carp (Ctenopharyngodon idella; [67] and references therein)
and blue suckers (Cycleptus elongatus, [68]) and recruitment for other small, benthic fish
species such as the Neosho madtom (Noturus placidus, [50]). Our results provide some
additional factors that may result in niche partitioning between these two chub species, but
determining this requires further investigation. Notably, our results suggest that sicklefin
chub recruitment is related to discharge rate, with the greatest site occupancy rate increases
in years with lower discharge; this follows the previously mentioned hypothesis that
sicklefin chubs may be included with other fish species where recruitment benefits from
low water discharge years [61]. Further research into the relationship between discharge
and sicklefin and sturgeon chub population changes could help to determine if regulating
discharge could be a possible management tool for maintaining and potentially increasing
their populations and potentially improving prey resources for pallid sturgeon.

4.3. Co-Occurrence across Analyses

The co-occurrence of sicklefin and sturgeon chub with shovelnose sturgeon and
channel catfish provides potential insight for species relationships. Sicklefin and sturgeon
chub had a high rate of co-occurrence, as demonstrated from predictions derived from
three-species occupancy models. However, when examining these patterns more closely in
the two-species model, co-occurrence was not correlated with any of the water condition
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variables we tested. These results suggest that sicklefin and sturgeon chub co-occurrence is
more a result of similar habitat selection at macrohabitat and HUC 8 scales, as opposed to a
finer scale of selection not measured in these monitoring studies, where habitat partitioning
may be occurring between these species. Sicklefin and sturgeon chub occupancy was
higher in the presence of each other and channel catfish and shovelnose sturgeon. The
association between the two chub species and shovelnose sturgeon indicates their selection
for the same habitat and ability to co-exist therein. This could lead to potential competitive
interactions for habitat and food resources if shared resources become limiting [33]; this
may also be the case for channel catfish that are considered habitat generalists. However,
our strong co-occurrence patterns among these four species suggest that management
for the improvement of sicklefin and sturgeon chub populations may benefit shovelnose
sturgeon and channel catfish populations.

Regarding bend-level observed co-occurrence, we found significantly higher-than-random
co-occurrence of sturgeon chub with juvenile pallid sturgeon and sauger only when both
MR regions were combined. This lack of within-region deviations from randomness is
likely due to the fact that the occurrence of all three species is greater in the UMR compared
to the LMR. Though there was weak or no statistical evidence of differences, sicklefin
and sturgeon chub actual observed co-occurrence with adult pallid sturgeon was always
at least slightly higher than predicted observed co-occurrence. Weak evidence for the
higher-than-random co-occurrence of adult pallid sturgeon and walleye with sicklefin chub
in the UMR suggests that an occupancy-model-based study specifically designed for rare
species (e.g., [19]) could further explore co-occurrence relationships between adult pallid
sturgeon and walleye with sicklefin chub and other potential prey species. Overall, these re-
sults will be important to resource managers if the potential for competition between these
two chub species and juvenile pallid sturgeon, as well as shovelnose sturgeon, observed
in laboratory studies [19] occurs in the natural environment. There is also the potential
that adult pallid sturgeon, as chub predators, may have at least part of their demonstrated
population declines [3,15] attributable to the loss of prey resources, e.g., chubs. The stocking
of predatory fish, a common fisheries management tool, can cause declines in prey fish pop-
ulations ([67] and references therein). Again, these combined results support the hypothesis
that improving conditions for sicklefin and sturgeon chub conservation and recovery would
be expected to improve conditions for shovelnose sturgeon, pallid sturgeon, and channel
catfish in the MR indirectly through increased habitat availability and associated food
resources and directly for adult pallid sturgeon via increased prey resources.

Regarding observed co-occurrence levels, there are some other potential directions
for further study for adult and juvenile pallid sturgeon, sauger, and walleye. Sicklefin
and sturgeon chub appear to co-occur with adult pallid sturgeon at higher-than-predicted
levels, with a similar pattern for juvenile pallid sturgeon in the UMR. Support for these
patterns based on these simulations was low to marginal, possibly due to low sample
size, warranting future research. In the channelized LMR, there was evidence suggesting
lower-than-expected co-occurrence of juvenile pallid sturgeon and chubs, but sample sizes
were low. This result is nevertheless supported by mesocosm habitat selection studies [33],
where selection for mud over sand was greater for juvenile pallid sturgeon compared
to sicklefin and shoal chub and juvenile pallid/shovelnose hybrid sturgeon. As with
shovelnose sturgeon and channel catfish, the association between the two chub species and
juvenile pallid sturgeon does not refute previous observations that they may be potential
competitors for habitat and food resources [33]. For adult pallid sturgeon, the association
with two chub species may reflect its almost exclusive consumption of fish, including
sicklefin and sturgeon chub, to attain historically observed adult sizes [6,34,35,53,54]. Data
for examining the co-occurrence of sicklefin and sturgeon chub with pallid sturgeon were
limited. However, if the patterns we observed could be validated through a more directed
study, consistent association patterns observed among these species groups would also
support the idea that management for the improvement of sicklefin and sturgeon chub
populations could affect both juvenile and adult pallid sturgeon populations. For walleye
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and sauger, there was no consistent association with sicklefin and sturgeon chub based
on limited data available for the MR. Therefore, we were unable to provide evidence
supporting the hypothesis that walleye and sauger are important predators of sicklefin and
sturgeon chub in the MR; this is also true for previous work by Dieterman [69].

Co-occurrence patterns observed in this study also illustrate the potential for further
study to assess if some areas of the MR could support a greater number of benthic fish
species such that sturgeon and sicklefin chub, shovelnose and pallid sturgeon, channel
catfish, sauger, and walleye would be more likely to be found there. A primary area of study
could be in the UMR where, on top of strong co-occurrence between both chub species,
shovelnose sturgeon, and channel catfish, the proportion of bends with the observed co-
occurrence of each chub species and adult and juvenile pallid sturgeon, sauger, and walleye
was often higher than predicted given random distributions. If there are areas that support
more benthic fish species than others, it would make sense for these predator species to
concentrate in these areas. Interestingly, this pattern of increased association was reversed
for both chub species and pallid sturgeon juveniles in the LMR. One potential focus for
future research could be to assess potential factors that may drive these differences between
the UMR and the LMR. If resources are more limited in general below Gavins Point Dam,
then competition for food, appropriate spawning and egg-laying sites, or another resource
could limit the potential of juvenile pallid sturgeon co-occurrence with these two chub
species within a bend. Adult pallid sturgeon and sicklefin chub had a higher-than-predicted
rate of co-occurrence in both the UMR and the river as a whole. This indicates that further
study into the relationships between these species could be beneficial. Pallid sturgeon, as a
large mobile species, can move freely between bends, so they may be selecting them based
on the availability of prey or another environmental variable.

4.4. Other Potential Future Research

Overall, our research hints at several avenues for future research to further increase
our understanding of sicklefin chub, sturgeon chub, and the Missouri River benthic fish
assemblage as a whole. Studies designed specifically targeting chub species could select
spatial and temporal sampling methods that are designed around species’ life histories.
This could allow the construction of multi-season occupancy models that include local ex-
tinction and colonization rates, providing a more complete picture of chub populations [38].
Along with this, developing multispecies occupancy models for rare species to further
explore the relationship between pallid sturgeon and chub occurrence would enhance
our understanding of the ecological requirements of both species. Additional models that
include other small benthic species that are potential competitors as potential co-occurrent
species would also help to elucidate factors influencing where the species occur in the MR.
Studies including environmental variables (e.g., aquatic invertebrate abundance, discharge,
distance to impoundment, and physical features of the river bed) other than those currently
available would also allow researchers to better determine how environmental factors
influence occupancy, co-occurrence, differences between upper and lower river segments,
and sites potential for fish biodiversity. We hope that our research might provide a starting
point for future research, could enhance our understanding of the MR, and benefit the
conservation of its biotic community.

5. Conclusions

Using a variety of analytical approaches from occupancy modeling to simple correla-
tion analyses, we elucidate relationships among time, space, environmental factors, and
habitat and the occurrence and co-occurrence of key benthic fishes found in the MR. This
work provides important information on how sampling conditions of the MR may affect
detection probabilities and thus insight into additional considerations for future sampling
gear and efforts. We also provide hypotheses to be considered in future research related
to management associated with MR fish populations based on the most extensive data
currently available. Such information is critical to informing continued efforts to modify
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the habitat of the LMR to improve conditions for chubs and potentially endangered pallid
sturgeon. Given the long history of habitat loss and population declines, sicklefin and
sturgeon chub should continue to be of interest for the foreseeable future. Future studies
focusing solely on chubs could select sample sites of appropriate size and resample each
site frequently enough to construct multi-season occupancy models with extinction and
colonization rates for each site. This would help monitor changes in chub populations and
any loss or gain in the range of sicklefin and sturgeon chubs.
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Appendix A. Data Sources

Starting in 1996, the Missouri River (MR) Benthic Fishes Study (MRBFS) documented
annual patterns, habitat, and water quality associations of 21 benthic fish species based
on relative abundance, including sicklefin and sturgeon chub [13]. Sampling occurred
in the unimpounded mainstem of the MR from above Fort Peck Reservoir, Montana, to
its confluence with the Mississippi River and the last 48 km of the Yellowstone River
(i.e., Lower Yellowstone River; Figure 1; [13]). For three years, 1996 to 1998, segments
of these rivers were sampled annually between July and September using a stratified
random design [13]. Sampling was stratified over six different macrohabitats: main-
channel crossovers, outside bends, inside bends, tributary mouths, and connected and
secondary non-connected channels. These divisions led here and in the PSPAP data set
to a hierarchical nested sampling design of (a) river segments/HUC 8 sections; (b) river
bends (primary sampling unit); (c) macrohabitat types; (d) specific sampling sites/trawling
locations within macrohabitat within river bends. This design required the use of five
types of gear for collecting fishes: drifting trammel net, electrofishing, stationary gill nets,
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bag seine, and bottom trawl. Fish species were identified by boat crews, and 461 voucher
specimens were sent to an expert ichthyologist for verification [26]. Along with fish samples,
information about the riverine environment was collected: water temperature, velocity,
depth, conductivity, turbidity, and the proportions of sand, silt, and gravel within the
riverbed were measured.

Starting in the fall of 2003, the Pallid Sturgeon Population Assessment Program
(PSPAP) was initiated based on the MRBFS design [3,27]. The PSPAP encompassed the MR
from Fort Peck Dam, Montana, at river km 2851 downstream to the confluence of the MR
and Mississippi River near St. Louis, Missouri, at river km 0 and the lower 32.2 km of the KR
([3]; Figure 1). Sampling years ran from 1 November of the prior year through 31 October
of the named year (e.g., sampling year 2004 was from 1 November 2003 to 31 October 2004).
The PSPAP used 14 different types of gear (i.e., gill nets, modified gill nets, trammel nets,
otter trawls, mini-fyke nets, trot lines, push trawls, beam trawls, larval fish drift nets, hoop
nets, bag seines, set lines/bank lines, and fishing/angling) to sample fish species in the
river. For example, sampling year 2004 was from 1 November 2003 to 31 October 2004. To
minimize risk to pallid sturgeon, each PSPAP sampling year was divided into two seasons.
The sturgeon sampling season (ST) occurred from autumn, when water temperature was
less than 12.8 ◦C (usually October or November), to June 30 of the sampling year. These
lower water temperatures allowed for the use of gill nets to safely catch pallid sturgeon;
most non-gill net gear types, e.g., otter trawls, were deployed during the March through
June portion of sturgeon season [27]. Fish community sampling season (FC) occurred
from July 1 to October 31 of a sampling year; this season did not use gill nets and instead
utilized a variety of other gear types to sample young-of-the-year pallid sturgeon and
other species that make up the benthic fish community. Throughout our analyses, we
only used FC data from the PSPAP because the sampling protocols for that season were
consistent and used types of gear directed at capturing non-pallid sturgeon species. For the
PSPAP, sampling sites consisted of bends of the river randomly selected from within each
of 13 defined segments. These segments were defined based on a variety of hydrologic
variables and differed slightly from the segments of the MRBFS. Fish were identified
to species by the boat crews, or if field identification was not possible, specimens were
preserved for laboratory identification [28]. Along with these samples, the environmental
variables of water temperature, velocity, depth, turbidity, and substrate composition were
measured. Lastly, although substrate characteristics were collected, inconsistencies in data
collection prevented substrate from being included in any analyses [3].

Appendix B. Data Filtering and Processing

The PSPAP and MRBFS data were filtered and partitioned to reduce the risk of biased
samples, ensuring only data that followed standard sampling protocols were used, which
allowed for the creation of a data set that included both MRBFS and PSPAP data. Because
neither the MRBFS nor PSPAP was designed to inform occupancy modeling (though
see [20]), multiple steps were required to make the data appropriate for this type of model.
Occupancy modeling and its data requirements were discussed further in Section 2.4.1.
“Occupancy Models” of the main manuscript, but the general data structure required for
these models are binary detection/non-detection data collected across sites, where each
site is visited multiple times [38]. Two key occupancy model assumptions that affect data
processing included (1) the closed occupancy state of a site—that is, the species does not
immigrate to or emigrate from the site within a single season—and (2) occupancy and
detection between sites and visits are independent [38]. For all data sets, we defined a site
as a unique combination of river bend, macrohabitat, and year. An individual visit to a site
was defined as one benthic trawl deployment there; we assumed that trawl deployments
were spatially independent. This definition of visits allowed us to use spatial replicates as
visits for occupancy models, as was done by Kelly et al. [37]. Details of these processed
data sets and the steps used to arrive at them are explained below.
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For all extant PSPAP data, we used random gear deployments from randomly sampled
river bends, as this was the standard study protocol [3,27]; this filter contributed to ensuring
independence between samples. We only used PSPAP samples collected using the standard
gear that accounted for the majority of sicklefin and sturgeon chub captures, the 4.8 m-wide
otter trawl (OT16).

We limited our data to trawls with lengths between 75 m and 300 m, the standard
OT16 distance range for PSPAP samples. Changes in the PSPAP protocol implemented in
2019 drastically reduced the spatial and temporal extent of OT16 sampling and eliminated
the fish community season [10]. These changes made data collected after 2018 incomparable
to those collected during or before that. Therefore, we only used PSPAP data collected prior
to sampling year 2019.

This PSPAP-FC data set included data collected from 1 July to 31 October of the
sampling year [3,27]. We defined visits to a site using spatial separation within a bend. The
design of the PSPAP sampling protocol included revisiting some of the same bends during
the two different sampling seasons within a sampling year. We used data from only one
sampling to ensure independence between sites.

The support for using OT16 data for our study is provided by the fact that the great
majority of sicklefin and sturgeon chub, channel catfish, and shovelnose sturgeon collections
came from OT16 deployments. Across all pre-filtered PSPAP data, samples collected using
OT16 accounted for >91% and >98% of standard gear captures of sicklefin and sturgeon
chub, respectively. Of all PSPAP sites sampled with OT16 where sicklefin chub were
detected in any gear, 98.5% of these sites had sicklefin chub detected in OT16; this was
99.1% for sturgeon chub. For our secondary species of all PSPAP sites sampled with OT16
where channel catfish were detected in any gear, 90.7% of these sites had channel catfish
detected in OT16. Among all OT16-sampled PSPAP sites where shovelnose sturgeon were
detected, this percentage was 87.2% for shovelnose sturgeon.

The MRBFS data set was initially filtered in two stages: a first to make the data conform
to standard protocols for a single sampling gear, and a second to create a combined data set
with the PSPAP-FC data, named the “MRBFS+PSPAP-FC” data set. This combination was
used due to the comparatively small size of the MRBFS data set by itself, 759 sites after the
first filtering stage compared to the >3300 sites of each PSPAP data set. Prior to combining,
we filtered the MRBFS to include only samples collected with standard gear that accounted
for the majority of sicklefin and sturgeon chub captures, the 2 m bottom trawl (BT). The
OT16 was not deployed during the MRBFS, and the BT was not used during the PSPAP. To
make the data comparable to the PSPAP data, we limited our data to trawling distances of
75–300 m; the standard BT distance range for MRBFS samples was 150–300 m [26]. Prior to
combination, the MRBFS and PSPAP-FC data sets were filtered so that they contained only
river segments sampled by both projects; MR sites above Fort Peck Dam and Yellowstone
River sites were eliminated from the MRBFS data, and, for the combined data set only, KR
sites were removed from the PSPAP-FC data. The combined MRBFS+PSPAP-FC data set
had 14.7% MRBFS sites (n = 580) and 85.3% PSPAP-FC sites (n = 3346) after all filtering.

As with the PSPAP data, the support for using MRBFS BT data for our study is
provided by the fact that the great majority of sicklefin and sturgeon chub collections came
from BT deployments. Across all pre-filtered MRBFS data, the BT accounted for >96% and
>87% of samples containing sicklefin and sturgeon chub, respectively. Of all MRBFS sites
sampled with BT where sicklefin chub were detected in any gear, 97.8% of these sites had
sicklefin chub detected in BT; this was 95.5% for sturgeon chub.

After initial filtering, the potential list of macrohabitats was consolidated to the follow-
ing five common to all data sets: inside bend, outside bend, channel crossover, tributary
mouth, and secondary connected channel. These were the only macrohabitats randomly
sampled using BT in the MRBFS data. To match macrohabitats in the MRBFS data and
consolidate similar macrohabitats with limited sample size in the PSPAP data, we lumped
small and large secondary connected channel habitats as “secondary connected channel”,
and we lumped large and small tributary mouth habitats as “tributary mouth.” After such
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lumping, we excluded macrohabitats represented by fewer than 10 sites—i.e., a unique
segment, bend, macrohabitat, and year site combination—in the PSPAP-FC data set. This
condition excluded four macrohabitats: dam tailwater, dendritic channel, deranged channel,
i.e., channels with no discernable branching pattern, and secondary non-connected channel.
Additionally, we included only macrohabitats where at least 10 sites had detections of
at least one of the focal chub species (i.e., two additional macrohabitats were excluded:
braided channel and confluence). All five selected macrohabitats met these sample size
and capture rate requirements in the MRBFS data.

Only sites located in the mainstem MR or in tributaries that were consistently sampled
within a data set were included, i.e., MR tributaries or HUC 8 subbasins that were part of
standard sampling protocols [26,27]. Among the data used, the only consistently sampled
tributary was the KR for the PSPAP data; other tributaries were excluded. Reservoirs were
also excluded, as they were not consistently sampled and did not represent standard river
habitat. All sites between Garrison Dam (near Riverdale, North Dakota, USA) and Lake
Oahe (North and South Dakota, USA) were excluded as well, as neither focal chub species
was observed in this stretch of river by either the MRBFS or the PSPAP. Additionally, this
stretch was only sampled by the PSPAP for two sampling years, 2012 and 2013. Each site
was assigned to a subbasin designated by a U.S. Geological Survey-standardized 8-digit
Hydrologic Unit Code ([30]; HUC 8, Figure 1). The HUC 8 subbasins were chosen as a
universal spatial designation similar in size to the different segment systems used by the
MRBFS [13,26] and PSPAP [3,27].

We used additional processing steps to make the environmental variables meet the
independence assumption. First, within each data set at each site (i.e., macrohabitat), we
calculated the mean value across visits for environmental variables of water temperature,
depth, velocity, and turbidity. Second, prior to calculating these means, the data were
graphically inspected for impossible values. Sites with impossibly high recorded water
temperatures (>60 ◦C) were excluded, resulting in the exclusion of one to two sites from
each data set.
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Abstract: The taxonomy and geographical distributions of Osteobrama species have historically
posed challenges to ichthyologists, leading to uncertainties regarding their native ranges. While
traditional taxonomy has proven valuable in classification, the utility of an integrated approach is
restricted for this particular group due to limitations in combining information from biogeography,
morphology, and genetic data. This study addresses the taxonomic puzzle arising from the recent
identification of Osteobrama tikarpadaensis in the Mahanadi and Godavari Rivers, casting doubt on
the actual distribution and systematics of both O. tikarpadaensis and Osteobrama vigorsii. The research
reveals distinctions among specimens resembling O. vigorsii from the Krishna and Godavari riverine
systems. Notably, specimens identified as O. vigorsii from the Indian Museum exhibit two pairs
of barbels, while those from the Godavari River in this study are identified as O. tikarpadaensis.
Inter-species genetic divergence and maximum likelihood phylogeny provide clear delineation
between O. vigorsii and O. tikarpadaensis. The study suggests that O. vigorsii may be limited to the
Krishna River system in southern India, while O. tikarpadaensis could potentially extend from the
Mahanadi River in central India to the Godavari River in southern India. Proposed revision to
morphological features for both species, accompanied by revised taxonomic keys, aim to facilitate
accurate differentiation among Osteobrama congeners. The data generated by this research provide a
resource for future systematic investigations into cyprinids in India and surrounding regions. Further,
the genetic diversity information obtained from various riverine systems for Osteobrama species will
be instrumental in guiding aquaculture practices and formulating effective conservation action plans.

Keywords: cyprinids; distribution; genetic divergence; key characters; phylogeny; systematics

Key Contribution: The current investigation resolves a longstanding taxonomic quandary con-
cerning two Indian cyprinids through a comprehensive morphological reassessment; fortified by
corroborative molecular data. Furthermore, the research contributes updated morphological keys
for the identification of species within the genus Osteobrama, offering valuable tools for subsequent
systematic studies in the future.
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1. Introduction

Freshwater fishes represent a crucial zoogeographical group due to their confinement
to drainage systems, conceptualized as dendritic water islands surrounded by land and bor-
dered by saltwater barriers [1]. According to the Animal Discoveries of India 2022 [2], the
country hosts 3439 fish species, encompassing both freshwater and marine varieties, with
approximately 206 being endemic and ~18 introduced species. A global fish database search
(https://www.fishbase.org, accessed on 15 January 2024) has identified approximately
1064 freshwater fish species reported from India and its islands [3]. Accurate identification
of organisms at lower taxonomic levels is crucial for ecosystem understanding and conser-
vation applications, but existing identification systems need advancement to address gaps
and enhance precision [4,5]. The DNA barcoding technique, standardized for lower-level
taxonomic identification, employs a partial mitochondrial cytochrome oxidase c subunit-I
gene (mtCOI), consisting of approximately 648 base pairs near the 5’ end of the gene [6,7].
The molecular technique, proven efficient in biodiversity assessment globally, has resolved
taxonomic issues in Indian riverine systems [8–15]. It complements traditional taxon-
omy by swiftly comparing specimens with reference sequences in global databases [16].
Furthermore, the technique has advanced with various species-level delineation methods.

Fishes belonging to the genus Osteobrama Heckel 1843 (Cypriniformes: Cyprinidae), with
the type species being Cyprinus cotio Hamilton 1822, exhibit a laterally compressed body,
an elevated dorsum, the absence of a procumbent pre-dorsal spine, a rounded abdomen in
front of the pelvic fin, and a keeled abdominal edge from the pelvic-fin origin to the vent.
Additionally, they possess a long anal fin with more than 10 branched rays [17]. The genus
currently consists of 11 described species [18]. Notably, O. cotio (Hamilton, 1822) is widely
distributed in eastern India and Bangladesh, extending to northern and central India up to
Pakistan. In southern India, five species—O. peninsularis Silas, 1952, O. vigorsii (Sykes, 1839),
O. dayi (Hora and Misra, 1940), O. neilli (Day, 1873), and O. bakeri (Day, 1873)—are found, while
three species—O. cunma (Day, 1888), O. belangeri (Valenciennes, 1844), and O. feae Vinciguerra,
1890—are distributed in Southeast Asia, Myanmar, and China [17,19,20]. A recent addition
to the genus is O. tikarpadaensis (Shangningam, Rath, Tudu and Kosygin, 2020), described
from the Mahanadi River in Odisha, central India, and reported in the Erai River, Godavari
drainages, Maharashtra [21,22]. Although O. alfredianus (Valenciennes, 1844) was originally
documented in Mysore, peninsular India [18], subsequent taxonomic assessments have syn-
onymized it with O. vigorsii [17]. Later, O. alfredianus has been reported in the Salween Basin,
Southeast Asia, which is a location distant from its type locality; however, comprehensive
taxonomic descriptions are lacking. The absence of compelling literature supporting the
validity of O. alfredianus and its accurate distribution restricts any definitive statements within
the scope of this study.

In the realm of systematics, the presence or absence of barbels stands as a crucial
taxonomic trait in Osteobrama [21,23]. When present, these barbels may manifest as a single
pair of maxillary barbels or include both maxillary and rostral varieties, sometimes being
minute or rudimentary in certain species. Rostral barbels may either remain concealed in
a groove or be visible only under microscopic examination, while in other species, they
can be significantly longer, extending to the base of maxillary barbels [17,19,21]. The type
locality of O. vigorsii is the Bhima River (a tributary of the Krishna River) at Pairgaon, Ma-
harashtra, but there are also reports in the Krishna and Godavari Rivers [24,25]. However,
the recent discovery of Osteobrama in the Mahanadi and Godavari Rivers has introduced a
taxonomic quandary for ichthyologists regarding the actual distribution and systematics of
O. tikarpadaensis and O. vigorsii. This study aims to resolve this taxonomic challenge through
development and presentation of revised taxonomic keys and genetic information. In this
study, discrepancies in prevailing diagnostic features for O. vigorsii were noted in speci-
mens from the Krishna and Godavari riverine systems, including those examined at the
Indian Museum. Genetic divergence analysis on partial mtCOIs among Osteobrama species
from south India revealed distinctions between specimens resembling O. vigorsii from the
Krishna and Godavari Rivers. Consequently, based on existing morphological descriptions,
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distinguishing between the two distinct species from the Krishna and Godavari Rivers as
O. vigorsii is perplexing. This study identifies specimens resembling O. vigorsii from the
Godavari River as O. tikarpadaensis. Therefore, we hypothesized that O. vigorsii is limited to
the Krishna River system in southern India, whereas O. tikarpadaensis is distributed from
the Mahanadi River in central India to the Godavari River in south India.

2. Material and Methods

2.1. Material Examined

The following specimens were taken for morphological investigations—O. vigorsii:
FBRC/ZSI/F3550, (n = 1), 119.5 mm SL; India: Telangana, Nagarkurnool District, Krishna
River: near Somasila, 16◦2′46′′ N 78◦19′34′′ E; B. A. Laskar, 28 Jul 2020. FBRC/ZSI/F3551,
(n = 2), 116.0–132.0 mm SL and FBRC/ZSI/F3552, (n = 3), 90.5–109.0 mm SL; collection
details same as F3550. FBRC/ZSI/F2783, (n = 1), 95.0 mm SL; India: Telangana, Na-
garkurnool District, Krishna River: near Somasila, 16◦01′12′′ N 78◦19′37′′ E; B. A. Laskar,
18 July 2018 (Figure 1A). The study specimens of O. vigorsii were collected from the same
river basin as its type locality in the Bhima River, a tributary of the Krishna River. O. cotio:
FBRC/ZSI/DNA907/F3880, (n = 1), 40.0 mm SL; India: Telangana, Jurala project: Krishna
River Basin, Kistampally. FBRC/ZSI/F/2707, (n = 2), 62.0–64.0 mm SL; India: Maharashtra,
Darna River: near Bhagur. O. cotio iconotype figure from Hamilton plate 207 [26] (Figure S1A).
O. neilli: FBRC/ZSI/F/3548, (n = 2), 68.0–69.0 mm SL; India: Telangana, Nagarkurnool Dis-
trict, Krishna River: near Somasila (Figure S1B). O. peninsularis: FBRC/ZSI/F/3549, (n = 1),
68.0 mm SL; India: Telangana, Wyra Lake, Godavari River drainage, Khammam District
(Figure S1C). O. tikarpadaensis: FBRC_ZSI_F_2616, (n = 4), 101.0–102.0 mm SL; India: Telan-
gana, Godavari River, 17.7431◦ N, 80.8798◦ E. FBRC/ZSI/F/3416, (n = 1), 77.0 mm SL; India:
Telangana, East Godavari District, confluence of Sabri River and Godavari River. (Figure 2A,B).
Specimens of O. tikarpadaensis were collected from the Godavari River and morphologically
compared with the type specimen from the Mahanadi River. O. dayi: FBRC-ZSI-F 3795, India:
Telangana, Godavari River (Figure S1D). In the current study, the urohyal bone structure was
examined for two specimens each of O. vigorsii and O. tikarpadaensis.

2.2. Sampling and Morphological Investigation

Morphometric and meristic data were documented in accordance with the method-
ology established in prior investigations [19,21,25]. Measurements were obtained using
digital calipers, with precision up to 0.1 mm, with the exception of fin rays and scale counts,
which were conducted under transmitted light utilizing a stereomicroscope. Enumeration
of all pored scales was undertaken to report the number of lateral line scales. The various
components of the body are expressed as a percentage of standard length (SL), while sub-
units of the head are presented as a percentage of head length (HL). Notably, morphometric
data and scale counts for two specimens (voucher No. FBRC_ZSI_F2783_DNA301, (n = 1),
95.0 mm SL; FBRC_ZSI_F3551, DNA814, (n = 1), 116.0 mm SL) were omitted due to injuries
sustained during the collection process. Nonetheless, their DNA data have been included in
the subsequent analysis. Additionally, DNA data for one specimen were not generated, as it
was promptly preserved in formalin. The specimens examined have been deposited at the
Freshwater Biology Regional Centre, Zoological Survey of India (ZSI), Hyderabad, India.

2.3. Molecular Experiments

Tissue samples were procured from seven recently collected specimens of O. vig-
orsii and one specimen of O. neilli from the Krishna River; and two specimens each of
O. tikarpadaensis and O. cotio and one specimen of O. peninsularis from the Godavari
River. Genomic DNA extraction was performed using the QIAamp DNA Mini Kit (Qi-
agen, Valencia, CA) following the manufacturer’s protocol. The previously published
primer pair [27] FishF1-5′–TCAACCAACCACAAAGACATTGGCAC–3′ and FishR1-5′–
TAGACTTCTGGGTGGCCAAAGAATCA–3′ was employed to amplify a partial segment
of mtCOI. The PCR mixture (30 μL) comprised 10 pmol of each primer, 100 ng of DNA
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template, 1 × PCR buffer, 1.0–1.5 mM of MgCl2, 0.25 mM of each dNTPs, and 1U of Taq
polymerase (Takara BIO Inc., Otsu, Japan). The thermal profile involved an initial denat-
uration at 95 ◦C for 2 min; followed by 35 cycles of 0.5 min at 94 ◦C, 0.5 min at 54 ◦C,
and 1 min at 72 ◦C, and a final extension at 72 ◦C for 10 min; with a subsequent hold at
4 ◦C. Purification of PCR products was accomplished using the QIAquickR Gel extrac-
tion Kit (Qiagen, Valencia, Santa Clarita, CA, USA). Commercial cycle sequencing and
Sanger sequencing were employed, and both forward and reverse chromatograms were
scrutinized using SeqScanner V1.0 (Applied Biosystems Inc., Foster City, CA, USA), nu-
cleotide BLAST (https://blast.ncbi.nlm.nih.gov, accessed on 15 January 2024), and ORF
finder (https://www.ncbi.nlm.nih.gov/orffinder, accessed on 15 January 2024) to eliminate
low-quality reads and gaps. The resulting sequences of O. cotio, O. peninsularis, O. vigorsii,
O. neilli, and O. tikarpadaensis were deposited in GenBank (https://www.ncbi.nlm.nih.gov,
accessed on 15 January 2024) and BOLD Systems (https://www.boldsystems.org, accessed
on 15 January 2024) to obtain unique accession numbers (Table 1).

Figure 1. (A) Osteobrama vigorsii, FBRC/ZSI/ F3550, 119.5 mm SL; India: Telangana, Krishna River:
near Somasila. Photo credit @Boni Amin Laskar; (B) original drawing of O. vigorsii, reproduced
laterally reversed from Sykes, 1841.
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Figure 2. (A) Osteobrama tikarpadaensis immediately after collection from the Godavari River;
(B) O. tikarpadaensis, FBRC/ZSI/F/3416, India: Telangana, Bhadradri Kothagudem District, Godavari
River: near KTPS Intake Well at Burgampadu. Photo credit @Boni Amin Laskar.

Table 1. The voucher IDs, locality information, GenBank (https://www.ncbi.nlm.nih.gov/nuccore)
accession numbers, and BOLD-IDs (https://www.boldsystems.org/) of the generated mtCOI se-
quences of Osteobrama species and out-group taxa, Rasbora daniconius (Hamilton 1822).

Species Museum Registration Locality
GenBank

Accession Number
BOLD-IDs

Osteobrama cotio FBRC_ZSI_F_2707 Maharashtra, 20.450◦ N,
74.403◦ E MH795978 BOLD:AAE6868

Osteobrama cotio FBRC_ZSI_DNA907_F3880
Jurala project, Kistampally,

Telangana, 16.370◦ N,
77.694◦ E

MW506822 -

Osteobrama tikarpadaensis FBRC_ZSI_F_2616 Godavari River, Telangana,
17.7431◦ N, 80.8798◦ E MH395748 BOLD:ABY3071

Osteobrama tikarpadaensis FBRC_ZSI_DNA616_F3416
Godavari River, Andhra

Pradesh, 17.5721◦ N,
81.2587◦ E

MT654653 BOLD:ABY3071
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Table 1. Cont.

Species Museum Registration Locality
GenBank

Accession Number
BOLD-IDs

Osteobrama neilli FBRC_ZSI_DNA833_F3548
Krishna River at somasila near
temple, Telangana, 16.046◦ N,

78.326◦ E
MT896378 BOLD:ACR7173

Osteobrama peninsularis FBRC_ZSI_DNA864_F3549 Wyra lake, Telangana, 17.252◦
N, 80.384◦ E MT896379 BOLD:ACJ3278

Osteobrama vigorsii FBRC_ZSI_DNA861_F3550
Krishna River somasila near

temple, Telangana, 16.046◦ N,
78.326◦ E

MT896380 BOLD:ACM5411

Osteobrama vigorsii FBRC_ZSI_F2783_DNA301 Tungabhadra River, Andhra
Pradesh, 16.02◦ N, 78.327◦ E MK336909 BOLD:ACM5411

Osteobrama vigorsii FBRC_ZSI_DNA814_F3551
Krishna River at somasila,

Telangana, 16.048◦ N,
78.334◦ E

MT896381 BOLD:ACM5411

Osteobrama vigorsii FBRC_ZSI_DNA862_F3552
Krishna River somasila near

temple, Telangana, 16.046◦ N,
78.326◦ E

MT896382 BOLD:ACM5411

Osteobrama vigorsii FBRC_ZSI_DNA863_F3552
Krishna River somasila near

temple, Telangana, 16.046◦ N,
78.326◦ E

MT896383 BOLD:ACM5411

Osteobrama vigorsii FBRC_ZSI_DNA836_F3552
Krishna River somasila near

temple, Telangana, 16.046◦ N,
78.326◦ E

MT896384 BOLD:ACM5411

Osteobrama vigorsii FBRC_ZSI_DNA897_F3872
Jurala project, Kistampally,

Telangana, 16.370◦ N,
77.694◦ E

MW506815 -

Rasbora daniconius FBRC_ZSI_DNA326_F3464 Andhra Pradesh, 18.0733◦ N,
82.9505◦ E MK681752 -

2.4. Dataset Preparation and Genetic Analyses

The representative COI sequences of three genera within the Smiliogastrinae subfamily,
namely Osteobrama, Rohtee (Sykes, 1839), and Mystacoleucus (Günther, 1868), were acquired
from the GenBank database. Consistent with prior research [20], uncertain sequences
of O. cotio from the Narmada River Basin, Karnafuli, and Sangu Rivers were excluded
from the dataset. Additionally, a maximum of five representative sequences from three
congeners (O. belangeri, O. cunma, and O. feae) were incorporated into the dataset [20]. The
COI sequences for O. dayi, sourced from GenBank, were included in the study. However,
no COI data for O. bakeri were found in the database, and no specimens could be collected
for the study. GenBank accession numbers are indicated alongside the organism’s name
in the phylogenetic tree, as well as detailed specimen information, including accession
numbers for de novo sequences (Table 1). The dataset was aligned using CLUSTAL X, and
genetic distances were estimated using MEGA X [28,29]. The model ‘GTR + G + I’ was
chosen based on the lowest Bayesian information criterion (BIC) scores determined using
PartitionFinder 2 [30] on the CIPRES Science Gateway v3.3 [31] and JModelTest v2 [32].
The PhyML 3.0 [33] was employed to construct the maximum likelihood (ML) phylogeny,
with 1000 bootstrap support. Furthermore, the Bayesian (BA) tree was created using Mr.
Bayes 3.1.2 [34], employing one cold and three hot Metropolis-coupled Markov chain
Monte Carlo (MCMC) chains. The analysis extended over 10,000,000 generations, with
tree sampling occurring every 100th generation, and 25% of the samples were discarded
as burn-in. Visualization of both ML and BA trees was carried out using the iTOL v4 web
server (https://itol.embl.de/login.cgi, accessed on 15 January 2024) [35].

134



Fishes 2024, 9, 87

3. Results and Discussion

3.1. Morphological Amendment of O. vigorsii

Prior to this study, the taxonomic characters of O. vigorsii were followed after Hora
and Misra [23]. In dealing with the taxonomy of O. vigorsii, Hora and Misra [23] examined
specimens from diverse locations, including the Darna River, the Mutha-Mula River, and
the Kistna (now Krishna) River (ZSI Cat No. 888), and from Deccan and Odisha (with no
precise locality specified). The data presented for O. vigorsii were derived from specimens
in the Indian Museum collection obtained from various locales within the Krishna River
Basin, with the exception of one specimen from Orissa, which was acquired from Dr. F. Day.
The dorsal profile of O. vigorsii was characterized by a distinct concavity extending from the
snout to over the nape, consistent with the original descriptions [23]. Additionally, the tax-
onomic key to species highlighted the presence of only two rudimentary maxillary barbels
in O. vigorsii. Subsequently, a new species, O. dayi [23], characterized by two rudimentary
maxillary barbels, was proposed based on specimens collected from the Godavari River.
These two species are distinguishable by differences in anal fin length and the number
of lateral line scales. Notably, O. vigorsii has since been consistently characterized by the
presence of two maxillary barbels, among other morphological characters.

In the absence of any designated types, the original illustration proves highly valu-
able [36] (Figure 1B), exhibiting a notable similarity to the specimens of O. vigorsii in the
present study (Figure 1A), as well as to Day’s illustration of O. vigorsii from 1889 [37].
Jayaram (1995) reproduced Day’s illustration [24]. Subsequently, Singh and Yazdani (1992)
claimed a striking resemblance between their newly identified species, Osteobrama bhimensis,
and O. vigorsii. However, they primarily differentiated the two based on the absence of
barbels, the number of transverse scales, and the shape of the urohyal bone [38]. Notably,
Singh and Yazdani [38] did not directly examine specimens of O. vigorsii displaying the
purported resemblance to their new species, but rather utilized measurements and counts
from a previous study [23]. Although they differentiated the two species based on urohyal
shape, they failed to specify which specimen of O. vigorsii was studied for the urohyal [38].
Jadhav et al. [25] criticized the lack of retrievability in Singh and Yazdani’s [38] urohyal
study. However, the form of urohyal drawn by Singh and Yazdani [38] for O. bhimensis
was observed in specimens of O. vigorsii from near its type locality area, in both Jadhav
et al.’s [25] study and the present investigation (Figure 3A). Jadhav et al. [25] did not
observe unequal dorsal spreads of the urohyal in their specimens. Surprisingly, Jadhav
et al. [25] did not examine the urohyal in freshly collected specimens from the Godavari
River drainage. Although the other form of urohyal was not observed by Jadhav et al. [25],
it warrants examination in specimens resembling O. vigorsii from the Godavari Basin.
Jadhav et al. [25] indicated the presence of one pair of barbels in the type specimens of
O. bhimensis and in comparative materials of O. vigorsii in their study. Remarkably, Jadhav
et al. [25] identified a significant resemblance among images of the types of O. bhimensis,
O. vigorsii from various sources, and Sykes’ illustration [36]. Consequently, O. bhimensis is
herein regarded as a junior synonym of O. vigorsii.

Sykes [36] provided detailed characteristics of O. vigorsii, emphasizing the upturned
snout, straight upper line of the head, and the lower line curving upwards from below.
The mouth structure observed in all specimens of O. vigorsii in the current study markedly
differs from its congeners, representing a superior mouth type. The lower jaw exhibits
strength with a hook-like structure at its distal tip, fitting into a small concavity at the distal
tip of the upper jaw (Figure 3C). Day [37] noted the presence of a very rudimentary pair of
maxillary barbels for O. vigorsii. The revision by Hora and Misra [23] provided additional
insights, characterizing the species by the presence of a distinct concavity from the snout to
over the nape and two rudimentary maxillary barbels. Simultaneously, Hora and Misra [23]
described another new species, O. dayi, possessing two maxillary barbels. The presence or
absence of barbels is considered a significant taxonomic trait in Osteobrama [21,23]. Based
on this, Hora and Misra [23] grouped the species into three categories: (i) with four well-
defined barbels, (ii) with two rudimentary maxillary barbels, and (iii) without barbels.
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Morphological features for O. vigorsii have mostly been derived from Hora and Misra [23].
Despite Jadhav et al.’s [25] extensive examination of O. vigorsii specimens from the Krishna
Basin, they failed to detect the presence of rostral barbels. In contrast, the present study
reveals the presence of both maxillary and rostral barbels in O. vigorsii (Figure 3C), placing
it in Group-(i) alongside O. bakeri, O. feae, O. neilli, and O. tikarpadaensis. Consequently, there
is a need to revise the key to species within the genus Osteobrama. A revised key, adapted
from Shangningam et al. [21], is provided below. Furthermore, the body morphometrics of
O. vigorsii from the Krishna River (this study) are presented in Table 2.

Figure 3. Dorsal view of urohyal bone in (A) O. vigorsii Krishna River, and (B) O. tikarpadaensis
Godavari River, (C) O. vigorsii, FBRC/ZSI/ F3550, 119.5 mm SL; India: Telangana, Krishna River,
showing the presence of barbels, (D) reproduced from Shangningam et al. [21] O. tikarpadaensis
showing presence of barbels, reproduced with permission from the copyright holder ©Magnolia Press,
and authorization for the utilization of the photograph was secured through direct communication
with the corresponding author, Shibananda Rath. RB = rostral barbel, MB = maxillary barbel.

Table 2. Morphometric data of O. vigorsii from Krishna River (current study). SE, standard error.

Parameters Range Mean ± SE

Standard Length 90.5–132.0 mm

In % SL

Head length 24.1–28.0 25.8 ± 0.95
Head depth 17.6–22.0 18.9 ± 1.03
Head width 9.9–10.6 7.8 ± 2.59

Mouth width 6.3–7.4 5.2 ± 1.73
Body depth 31.5–35.2 33.2 ± 0.84
Body width 8.6–11.0 9.8 ± 0.49

Pre-dorsal length 51.8–56.9 55.0 ± 1.15
Pre-anal length 59.4–64.3 61.3 ± 1.14

Pre-pelvic length 32.6–42.0 38.6 ± 2.12
Pre-pectoral length 24.8–28.2 26.6 ± 0.75

Pelvic–anal distance 16.5–21.6 19.0 ± 1.21
Dorsal fin base length 11.3–12.4 11.8 ± 0.22
Anal fin base length 22.9–27.5 24.9 ± 0.93
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Table 2. Cont.

Parameters Range Mean ± SE

Caudal peduncle length 12.6–16.5 13.9 ± 0.87
Caudal peduncle depth 11.5–13.8 12.1 ± 0.56

Snout length 6.4–8.3 7.3 ± 0.40
Eye diameter 7.0–7.4 7.3 ± 0.07

Inter-orbital distance 6.0–6.4 6.3 ± 0.11
Inter-narial space 4.3–4.9 4.6 ± 0.13
Dorsal fin height 28.3–34.3 30.5 ± 1.40

Pectoral fin length 19.8–20.2 20.0 ± 0.08
Anal fin height 16.5–19.9 18.1 ± 0.70

Pelvic fin length 20.5–23.2 21.4 ± 0.61

In % HL

Eye diameter 26.3–30.0 28.3 ± 0.82
Interorbital width 23.0–26.7 24.6 ± 0.77

Head depth 62.7–82.8 73.8 ± 4.14
Head width 37.9–40.9 39.1 ± 0.73

Mouth width 24.8–30.5 26.6 + 1.34

3.2. Note on O. tikarpadaensis, with Urohyal Features

Shangningam et al. [21] delineated O. tikarpadaensis as a novel species, highlighting its
unique features, particularly the oblique black streak on the anterior body immediately pos-
terior to the opercle, parallel to the upper opercular margin, which distinguished it from all
congeners. In the current investigation, it was noted that none of the Osteobrama specimens,
with the exception of those resembling O. vigorsii from the Godavari River Basin, exhibited
the distinct oblique black streak precisely described for O. tikarpadaensis (Figure 2A). The
urohyal morphology in these O. vigorsii-like specimens from the Godavari River displayed
two unequal ends posteriorly, with the left side being longer and thickened (Figure 3B),
akin to one of the urohyal forms illustrated by Singh and Yazdani [38]. Consequently, the
O. vigorsii-like specimens from the Godavari River Basin differ from their counterparts
in the Krishna River Basin due to the presence of the oblique black streak immediately
posterior to the opercle, urohyal characteristics with two unequal ends posteriorly, and
a combination of other morphological features. These variations, previously overlooked,
challenge the previous taxonomic assessments. Singh and Yazdani [38], despite noting
some variations, failed to accurately identify true O. vigorsii, rendering their proposed new
species (O. bhimensis) invalid. Following the discovery of O. tikarpadaensis by Shangningam
et al. [21], it is evident that the taxonomic characteristics of O. vigorsii were confounded by
the representation of characters from two distinct species. Consequently, the O. vigorsii-like
specimens from the Godavari River are now identified as O. tikarpadaensis, a distinction
further supported by genetic divergence analysis highlighting the dissimilarity between
O. tikarpadaensis and O. vigorsii.

Despite the documented pre-dorsal distance for O. tikarpadaensis being reported as
37.8–40.4% of standard length (SL) in its descriptions [21], this measurement seems either
exceptionally shorter compared to congeners (e.g., 53.5–56.1% in O. feae, 53.0–56.5% in
O. neilli, 55.8–56.1% in O. belangeri, 51.2–52.2% in O. cotio, 51.8–56.9% in O. vigorsii in this
study) or may represent inaccurate data. Notably, Shangningam et al. [21] did not examine
any specimens from the Godavari River Basin. Rath et al. [22] identified O. tikarpadaensis
from an old collection from the Erai River, Chandrapur District, Maharashtra. However,
discrepancies in body morphometry, including the pre-dorsal distance, that were reported
by Rath et al. [22] compared closely to the descriptions of O. tikarpadaensis. The body
morphometrics of O. tikarpadaensis from the Godavari River in this study, along with
a reproduction of the data from Shangningam et al. [21], are presented to facilitate a
comprehensive understanding (Table 3).
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Table 3. Morphometric data of O. tikarpadaensis from the Godavari River (current study) and from
Shangningam et al. [21].

Parameters Range

Shangningam et al. [21]Standard Length 101.0–102.0 mm

In % SL Specimens from Godavari River

Head length 26.6–26.6 24.5–28.8
Head depth 11.7–12.7 16.4–18.6
Head width 11.0–12.0 13.2–14.4

Mouth width 5.2–5.7 5.6–7.1
Body depth 32.3–35.1 34.5–39.5
Body width 9.7–10.8 9.3–11.7

Pre-dorsal length 50.0–53.2 37.8–40.4
Pre-anal length 53.2–59.7 60.0–61.7

Pre-pelvic length 40.5–41.6 39.9–43.1
Pre-pectoral length 26.0–26.6 24.7–26.6

Pelvic–anal distance 13.9–15.6 19.7–21.3
Dorsal fin base length 11.7–12.0 13–14.2
Anal fin base length 27.8–28.6 29.5–32

Caudal peduncle length 12.0–15.6 14.5–15.6
Caudal peduncle depth 10.1–11.0 10.3–12.2

Snout length 7.1–7.6 7.1–8.3
Eye diameter 6.5–7.0 6.7–8.3

Inter-orbital distance 7.8–8.2 8.7–10.0
Inter-narial space 5.2–5.7 5.0–6.0
Dorsal fin height 27.2–27.3 24.6–29.4

Pectoral fin length 18.8–19.0 19.2–21.2
Anal fin height 13.0–13.3 29.7–31.7

Pelvic fin length 17.1–18.8 17.6–18.9

3.3. Genetic Inferences

The estimated genetic divergence (K2P) between the groups (genera) ranged from
17.3% to 18.4%. In both ML and BA phylogenetic trees (Figures 4 and S2), the de novo
sequences of O. vigorsii from the Krishna River, including four database sequences la-
belled O. cotio, constitute a cohesive cluster with pairwise genetic distances (K2P) ranging
from 0.00 to 0.77%. By analyzing COI data, we confirm that the four database sequences
(KX946745 to KX946748) collected from Kolhapur, Maharashtra, likely from the Dhamna
River, a tributary of the Krishna River, are indeed conspecific with O. vigorsii. The de
novo sequence of O. cotio from Maharashtra State is placed in a distinct cluster, previ-
ously identified as O. cotio in an earlier study, and comprises conspecific sequences from
the Brahmaputra and Meghna Rivers [20]. Rahman et al. [20] demonstrated that COI
sequences identified as O. cotio from the Narmada River Basin, used in studies by Khedkar
et al. [10] and Singh et al. [39], exhibited greater genetic distance from O. cotio from the
Barak and Brahmaputra River Basins. We identified O. peninsularis from the Godavari
River Basin, maintaining a 5.4% K2P genetic divergence with O. cotio from the Barak and
Brahmaputra River Basins. The de novo sequence of O. peninsularis formed a distinct cluster
with database sequences (KF550101 to KF550103) with pairwise genetic distances ranging
from 0.0 to 0.62% and maintaining 5.28 to 5.68% genetic distances within the cluster of
O. cotio. Sequences (KF550101 to KF550103) previously misidentified as O. cotio by Khedkar
et al. [10] and Singh et al. [39] aligned with one of the subclades of Clade A, as referred
to in Rahman et al. [20]. Similarly, the de novo sequence of O. neilli formed a cohesive
cluster with one database sequence of Osteobrama sp. sampled from Kolhapur, Maharashtra,
maintaining only a 0.8% genetic divergence within the group.
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Figure 4. Maximum likelihood phylogeny of Osteobrama congeners, utilizing mtCOI data, distinctly
separating O. vigorsii and O. tikarpadaensis. The sequences generated in this study are highlighted
with red dots, and the species names with their corresponding GenBank accession numbers are
indicated on the tree. Bootstrap support values are indicated at each node in blue font.
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O. vigorsii from the Krishna River exhibits characteristics that are distinct from its
congeners, as indicated by a K2P genetic divergences ranging from 9.31% to 17.50% in the
partial COI gene sequence (Table 4). Its lowest genetic divergence (9.31%) was observed
with O. neilli, while the highest (17.50%) was with O. belangeri. The sequences of O. vigorsii
form a well-defined cluster, which also incorporated four database sequences with locality
information in India, specifically Maharashtra, Kolhapur, the Northern Western Ghats of
Kolhapur, and Gavashi, likely from the Dhamana River, a tributary of the Krishna River,
situated at coordinates 16.605 N 73.987 E. Among the generated sequences of Osteobrama,
two specimens from the Godavari River formed a cohesive cluster with certain database
sequences identified as O. vigorsii but lacking locality information. These specimens
maintained a significant interspecies genetic distance (10.64 to 12.35%) from sequences of
O. vigorsii from the Krishna River Basin. Notably, the specimens from the Godavari River,
characterized by having two pairs of barbels, represented a distinct species identified as
O. tikarpadaensis based on morphological traits (Figure 2A,B).

Table 4. The estimated K2P genetic distance among the respective Osteobrama congeners.

Species

Genetic Distance (K2P)

Between Species (%)
Within

Species (%)

O. cotio 0.2

O. peninsularis 5.28–5.68 0.3

O. cunma 10.64–11.23 10.46–11.25 0.3

O. feae 12.23–13.23 12.58–13.88 13.34–14.94 0.1

O. tikarpadaensis 12.54–13.43 13.90–15.17 13.33–14.33 9.25–9.77 0.3

O. neilli 12.14–12.75 12.50–12.96 11.91–12.58 11.48–12.23 11.53–11.80 0.8

O. vigorsii 10.95–11.95 12.91–14.47 13.88–15.31 10.96–11.97 10.64–12.35 9.31–10.26 0.3

O. belangeri 13.50–14.37 15.22–16.16 15.33–16.24 18.92–20.08 16.48–17.73 16.98–17.60 15.32–17.50 0.1

O. dayi 16.2–16.5 16.7–16.9 15.5–15.8 17.6–17.8 16.5–17.3 16.3–16.5 17.5–18.5 11.1–11.4 0.0

The current phylogenetic analysis robustly distinguished the two targeted species,
O. vigorsii and O. tikarpadaensis, with high bootstrap support. However, among the con-
geners, the phylogenetic analysis revealed inconsistent clustering in certain instances.
Differently named sequences occasionally exhibited conspecific clustering, as discussed in
the preceding section. Although the genus Rohtee is presently regarded as monotypic [18,23],
Rohtee ogilbii Sykes 1839 exhibited a cohesive clustering with O. dayi and O. belangeri in the
current phylogeny (Clade B), irrespective of the presence or absence of barrels. These three
species in Clade B shared similarities as deep-bodied and large-growing, surpassing the
sizes of any species in Clade A. Both Clade A and Clade B species exhibited similarities
in possessing a long anal fin with more than 11 branched anal fin rays, distinguishing
them from species in Mystacoleucus (Clade C) due to the length of the anal fin. R. ogilbii,
while showing similarity to Mystacoleucus species through the presence of a procumbent
pre-dorsal spine, formed a separate clade with a mean genetic divergence of 17.3%. The
procumbent pre-dorsal spine in R. ogilbii is reduced and somewhat concealed by scales
compared to other Mystacoleucus species. However, additional sampling with multiple
gene markers would be necessary to assess the potential merging of the two genera, Rohtee
and Osteobrama.

Taxonomic investigations involving an ample number of specimens from diverse taxo-
nomic lineages, along with their DNA data, have proven effective in illuminating the diver-
sity and phylogeographic structure associated with biogeography [40,41]. The results from
this comprehensive research indicate that O. vigorsii may have a limited distribution pri-
marily within the Krishna River system in southern India, whereas O. tikarpadaensis might
potentially have a larger range from the Mahanadi River in Central India to the Godavari
River in southern India (Figure 5). Further, considering the present phylogeny and genetic
distances among Osteobrama congeners, this study underscores the need for additional
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genetic data from various riverine systems in the Indian subcontinent to unravel the true
species diversity of these cyprinids, thereby informing future conservation implications.

 

Figure 5. The true distributions of O. vigorsii and O. tikarpadaensis across diverse riverine systems
in India.

3.4. Revised Key to Species of the Genus Osteobrama
1. Barbels absent 2.
- Barbels present 5.
2. Lateral line scales 42–63, pre-dorsal scales 21–30 3.
- Lateral line scales 71–76, pre-dorsal scales 30–32 O. belangeri.
3. Branched pectoral fin rays 14–15, lateral line scales 55–63 4.
- Branched pectoral fin rays 12, lateral line scales 42–53 O. cunma.
4. Lateral-line scales 55–60 O. peninsularis.
- Lateral-line scales 62–63 O. cotio.
5. Both rostral and maxillary barbels present 6.
- Only maxillary barbels present, branched anal fin rays 16–18, lateral line scales 68–70 O. dayi.
6. Barbels prominent 7.
- Barbels minute 9.
7. Branched anal fin rays 11–18 8.
- Branched anal fin rays 22–27, pre-dorsal scales 34–38, branched pectoral fin rays 14 O. feae.
8. Pre-dorsal scales 15, lateral line scales 44, branched anal fin ray 11 O. bakeri.
- Pre-dorsal scales 19–22, lateral line scales 52–57, branched anal fin rays 16–18 O. nielli.
9. Branched anal fin rays 25–27, branched pectoral fin rays 15–16, presence of oblique black
streak on the body immediately posterior to the operculum, lateral line scales 59–71 O. tikarpadaensis.

- Branched anal fin rays 21–23, branched pectoral fin rays 13–14, lateral line scales 74–84, no
oblique black streak on the body O. vigorsii.

4. Conclusions

Prior to this investigation, the systematic and phylogenetic relationships between
two Osteobrama species, O. vigorsii and O. tikarpadaensis, presented challenges to ichthy-
ologists, causing confusion. Proposed amendments to the morphological characters of
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both O. vigorsii and O. tikarpadaensis, accompanied by revised taxonomic keys for distin-
guishing Osteobrama congeners, aim to address these challenges. Although the urohyal
bone structure offers insights into these two Osteobrama species, vertebra and rib counts
are expected to provide more informative data for future investigations. The inter-species
genetic divergence and maximum likelihood phylogeny distinctly differentiate O. vigorsii
and O. tikarpadaensis. The study’s findings indicate that O. vigorsii may have a restricted
distribution in the Krishna River system in southern India, while O. tikarpadaensis could
potentially extend from the Mahanadi River in central India to the Godavari River in
southern India. The genetic diversity information obtained from various riverine systems
for Osteobrama species will be pivotal in guiding aquaculture practices and formulating
effective conservation action plans. A similar integrated approach with morphological
and molecular data provides a resource for future investigations of cyprinids in India and
neighboring regions.

Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/fishes9030087/s1, Figure S1: (A) Osteobrama cotio, reproduced from
Hamilton (1822) plate 207; (B) Osteobrama neilli, FBRC/ZSI/F/3548, 68.0 mm SL; India: Telangana,
Nagarkurnool District, Krishna River: near Somasila; (C) Osteobrama peninsularis, FBRC/ZSI/F/3549,
India; Telangana, Wyra lake, Khamam District; (D) Osteobrama dayi, FBRC-ZSI-F 3795, India: Telan-
gana, Godavari River. Photo credit @Boni Amin Laskar; Figure S2: Bayesian phylogeny of Osteobrama
congeners distinctly separating O. vigorsii and O. tikarpadaensis. The sequences generated in this study
are highlighted with red dots, and the species names with their corresponding GenBank accession
numbers are indicated on the tree. Posterior probability values are indicated at each node.
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Abstract: Natural environmental change, anthropogenic development, and inter-annual variability
can affect the ecology of estuarine fish and invertebrates. Yaquina Bay, Oregon, a well-studied estuary,
has undergone intense development, as well as deep-draft dredging during the latter half of the
20th century, resulting in the alteration of ~45% of the lower estuary’s natural shoreline. In 1967, the
United States Environmental Protection Agency (USEPA) conducted a 21-month survey of Yaquina
Bay to characterize the demersal fishes and epibenthic crustaceans that occupy the bay. From 2003 to
2005, we conducted a 25-month survey to replicate that work and provide a comparative snapshot
of the demersal fish and epibenthic crustacean community in the bay. A comparison of the trawl
survey datasets reveals a 91% decline in total catch per unit effort (CPUE) between surveys, as
well as a decline in multiple measures of biodiversity. Furthermore, the fishes and crustaceans of
Yaquina Bay have experienced a shift in species dominance from demersal fishes in the late 1960s to
epibenthic crustaceans in the 2000s, marked most notably by a nine-fold increase in the Dungeness
crab CPUE. While this work does not establish a causal relationship between changes in the demersal
communities of this West Coast estuary and human or natural events, it does document substantial
changes in both the diversity and total abundance of animals in that community over a three-plus
decade period of development and environmental variability. Hence, this forms a second baseline for
continued long-term monitoring.

Keywords: long-term monitoring; community change; habitat alteration; diversity; abundance;
natural variability; estuaries

Key Contribution: Our work documents a multi-decadal change in faunal abundance, diversity,
and dominance in a highly developed northeast Pacific estuary. While causal mechanisms are not
identified, estuarine development and a changing climate likely contribute to these changes.

1. Introduction

Shoreline development and watershed urbanization are well-demonstrated drivers
of coastal ecosystem change. Physical development, including shoreline armoring and
construction of hardened structures, disrupts benthic communities, thereby reducing prey
resources for nearshore fish and wildlife [1] and habitat available for epibenthic crus-
taceans [2]. It is possible that even small, human-built structures influence habitat structure,
fish distribution, migration, feeding behavior, and availability of prey resources [3]. Chem-
ical alterations, in the form of nutrient and pollutant inputs, have effects ranging from
altering primary productivity and microbial community composition to changing commu-
nity structure [4–7]. Other activities associated with the urbanization of estuaries, such as
channel dredging for ship operations, alter available habitat and tidal flow, with subsequent
biotic impacts [8]. These types of impacts are widespread and long occurring [9], and it is
likely that ecosystem change continues to occur in estuaries throughout the United States
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and elsewhere. Long-term monitoring of these types of changes, or even contemporary
point comparisons with historical data, however, are rare [10], but see [7], so it is often
difficult to understand the long-term effect of urbanization on estuarine biotic communities.

Yaquina Bay, a 15.8 km2 drowned river mouth estuary on the central Oregon coast,
is the fourth largest estuary in Oregon and is classified as “developed, deep draft” by the
Oregon Department of Land Conservation and Development [11]. The bay experiences
mixed-semidiurnal tides that influence the Yaquina River as far as 42 km upstream [12].
Local river flow is highest during the rainy winter months when discharge reaches nearly
70 m3s−1 [13]. Yaquina Bay is also a well-recognized juvenile nursery ground for commer-
cially important species on the central coast, including the Dungeness crab, flatfish and
rockfish [14–17].

The port and town of Newport and adjacent South Beach, located in the lower part
of the bay, have undergone intense shoreline development since the 1940s. In addition to
supporting logging ships and a commercial fishing fleet, the last half of the past century has
brought an extended armored inlet, a deeper channel, a public marina, an expanded marine
laboratory, waterfront shopping, shoreline condominiums, a liquid natural gas storage
plant, and, most recently, a fully revamped, international terminal and facility to support
a fleet of scientific research vessels at Oregon State University’s Hatfield Marine Science
Center [18–20]. These installations in the lower estuary of Yaquina Bay have resulted
in the alteration of at least 45% of the natural shoreline (as calculated directly from the
Oregon Coastal Management Plan’s Coastal Atlas [21] and may have changed river and
tidal hydrology, salinity, dissolved oxygen, and temperatures as well [22]. Each of these
installations required shoreline development, environmental mitigation, and continued
maintenance that may have sustained impacts on the quality of the habitat in Yaquina
Bay for both resident and seasonal inhabitants of the estuary. Newport, as a deep-draft
estuary, has a main channel regularly dredged to a depth of 13.2 m, deepened from 8.5 m
in 1969 [20], with dredge spoil deposited in USACE/USEPA designated locations in the
nearshore area adjacent to the mouth of the bay.

In 1967–1968, the United States Environmental Protection Agency (USEPA) conducted
a 21-month trawl survey of Yaquina Bay to investigate the spatio-temporal fluctuations in
the distribution and abundance of demersal fishes and epibenthic crustaceans [23]. This
survey included 42 bi-weekly otter trawls across 10 stations in Yaquina Bay, spanning
five previously identified salinity and temperature ranges [24,25]. Yaquina Bay has since
been the subject of consistent monitoring, experimentation, and evaluation, with over
1400 theses, dissertations, white papers, and peer-reviewed documents referencing Yaquina
Bay being published since 1968 (bibliographic database maintained by the Oregon State
University Hatfield Marine Science Center Guin Library [26]). Throughout the 1970s, fish
research in the bay focused on fish ecology, with an emphasis on the effect of local upwelling
conditions and the bay’s role in recruitment and capacity as a nursery ground [14,15,17,27–32].
However, no long-term repeated assessments of the demersal community at the scale of
De Ben et al. [23] have been conducted since that original study. In 2003, we began a
25-month trawl survey intended to replicate that work for the first three of the five salinity
and temperature ranges previously identified in Yaquina Bay. Our goal was to provide an
updated snapshot following multiple decades of shoreline development and environmental
change and to determine what, if any, impacts those changes may have had on community
structure and diversity.

2. Materials and Methods

We conducted bi-weekly otter trawls at five sampling locations in Yaquina Bay from
January 2003 to October 2005 (Figure 1), resulting in a total of 139 net sets, compared with
the 126 net sets during the 1967–1968 survey. Estuary sections sampled based on salinity
and temperature regimes followed the original survey [23]; however, the 2003–2005 trawl
sampling was confined to sections 1–3 of Yaquina Bay. All sampling of demersal fish and
epibenthic crustaceans occurred during daylight hours, following slack high tide in water
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depths ranging from 2 to 10 m, with a mean of 3.7 m. Trawl samples were collected using
a two-seam, 3.5 m treated nylon shrimp trawl with 3.4 cm body netting and 1.3 cm cod
end netting, the same style net used by De Ben and co-workers in the original study [23].
To retain smaller organisms, a 9.5-mm cod end liner was sewn into the net. All trawling
was conducted against the prevailing current, and trawl duration was standardized to ten
minutes, which facilitated catch per unit effort (CPUE) comparisons with the 1967–1968
survey data published by [23].

Figure 1. Map of Yaquina Bay, Oregon, with sampling locations for both the 1967–1968 (closed
circles) and 2003–2005 (open circles) surveys. Sampling sections 1, 2, and 3, as designated by [23]
and replicated for this study, are indicated by solid lines separating sections of the estuary. The
present study collected comparative data for the three lower bay sections, chosen to facilitate direct
comparison with historical data.

All captured organisms were identified to the lowest possible taxonomic level, mea-
sured, and released at the point of capture. Fish and shrimp were measured to the nearest
millimeter total length, and crabs were measured across the widest point of the carapace in
millimeters. Bottom water temperature and salinity were measured before each trawl using
a YSI model 85 handheld multi-meter. Environmental and CPUE data for sections 1–3 of
Yaquina Bay were compared between the 2003–2005 survey and the 1967–1968 survey [23].

Catch per unit effort (CPUE) was calculated by dividing the catch of species X by
the number of trawls Y from each survey. Additionally, measures of biodiversity were
compared between the two time periods using species richness, Simpson’s index [33], the
Shannon–Wiener index of diversity [34], Margalef’s species richness index [35], and Shan-
non’s evenness index [36]. As the original data analyzed by De Ben et al. [23] were unavail-
able, the comparisons presented herein were made using the data from their manuscript
alone. All work was conducted under an approved Animal Care and Use Protocol issued
by the Oregon State University Institutional Animal Care and Use Committee.

3. Results

Most environmental data were similar across the two time periods, with the exception
that 1968 was a wetter year than 2003–2005 for Yaquina Bay, and summer (June–September)
bottom water temperatures were higher in the 1967–1968 survey (Table 1).

Thirty species of fish and invertebrates from 19 families were captured in sections 1–3
of Yaquina Bay during the 2003–2005 trawl survey. This is a sharp decline from the catch
reported in the 1967–1968 survey, where 60 species from 30 families were captured in the
same sections (Table 2). The CPUE of all individuals in the top 95% of the catch declined

147



Fishes 2024, 9, 125

by 91% between surveys, with demersal fish CPUE declining by 96% and epibenthic
crustacean CPUE (excluding Dungeness crab; see below) declining by ~67% (Table 3).
Section 2 of Yaquina Bay contained the largest percentage of the total catch in the 2003–2005
survey, followed closely by sections 3 and 1. This pattern was identical to the 1967–1968
survey. These sections also showed the smallest change in diversity indices between the
two sampling periods.

Table 1. Environmental data during the 1967–1968 and 2003–2005 survey periods. Summer is defined
here as 1 June to 30 September. Precipitation data for 1967–1968 from U.S. National Weather Service
Applied Climate Information System. Precipitation data for 2003–2005 from the OSU Hatfield Marine
Science Center weather station archives.

Environmental Data 1967, 1968 2003, 2004, 2005

Mean Monthly Salinity Range 8–28 14–36
Maximum Salinity 34 36.4

Summer Monthly Salinity Range 16–34 24–36.4
Annual Rainfall (cm) 158, 282 176, 150, 158

Summer Bottom Temperature Range (◦C) 21–23 12–17
Coldest Bottom Temperature (◦C) 6 9

Table 2. Summary table of total number of fish and epibenthic crustaceans caught by species in each
of three sections of lower Yaquina Bay in 1967–1968 and 2003–2005. Species are listed in the 1967–1968
rank order of total catch. DeBen et al. (1990) conducted 126 net sets in sections 1–3. A total of 139 net
sets were conducted for this study.

Common Name Scientific Name

1967–1968 2003–2005

Section Section

1 2 3 1 2 3

English sole Parophrys vetulus 379 8349 2267 76 996 714
Snake prickleback Lumpenus sagitta 37 2547 445 0 10 13
Shiner surfperch Cymatogaster aggregata 105 1116 1119 30 66 300
Dungeness crab Cancer magister 323 867 298 130 1780 2189

Blacktail bay shrimp Crangon nigricauda 155 1326 3 27 297 265
Pile surfperch Rhacochilus vacca 58 829 394 4 218 139

Buffalo sculpin Enophrys bison 1170 85 1 0 8 6
Starry flounder Platichthys stellatus 211 692 317 2 72 42
White seaperch Phanerodon furcatus 53 587 121 11 1 0

California bay shrimp Crangon franciscorum 11 87 603 0 0 0
Opossum shrimp Neomysis mercedis 4 42 590 0 0 0

Pacific staghorn sculpin Leptocottus armatus 30 395 96 0 57 156
Surf smelt Hypomesus pretiosus 4 28 333 16 161 36
Sand sole Psettichthys melanosticus 189 114 36 0 0 0

Speckled sanddab Citharichthys stigmaeus 239 96 1 1 252 30
Striped seaperch Embiotoca lateralis 202 120 1 0 0 0

Walleye surfperch Hyperprosopon argenteum 1 53 226 0 0 0
Kelp greenling Hexagrammos decagrammus 154 20 1 0 6 1

Saddleback gunnel Pholis ornata 2 85 9 1 6 4
Pacific tomcod Microgadus proximus 43 40 4 0 57 9

Northern anchovy Engraulis mordax 0 2 80 0 0 0
Longfin smelt Spirinchus thaleichthys 2 1 76 0 0 0
Red rock crab Cancer productus 41 3 0 1 28 26
Pacific herring Clupea pallasi 0 8 35 0 19 102
Black rockfish Sebastes melanops 22 14 5 2 27 1

American shad Alosa sapidissima 1 0 36 0 0 27
Bay pipefish Syngnathus leptorhynchus 3 10 21 0 10 3

Lingcod Ophiodon elongatus 13 9 2 0 5 3
California coastal shrimp Heptacarpus paludicola 8 9 0 0 0 0

Tube snout Aulorhynchus flavidus 1 14 0 10 1 0
Cabezon Scorpaenichthys marmoratus 11 4 0 0 1 0

Rock greenling Hexagrammos lagocephalus 7 1 1 0 0 0
Redtail surfperch Amphistichus rhodoterus 2 6 1 0 0 0

C-O sole Pleuronichthys coenosus 6 0 0 0 0 0
Three-spined stickleback Gasterosteus aculeatus 0 0 6 0 0 0

Shortspine shrimp Heptacarpus brevirostris 1 5 0 0 0 0
Whitebait smelt Allosmerus elongatus 3 1 0 0 0 0

Tubenose poacher Pallasina barbata 3 1 0 0 0 0
Big skate Raja binoculata 1 2 0 0 0 0

Penpoint gunnel Apodichthys flavidus 3 0 0 0 0 0
California spot prawn Pandalus platyceros 1 0 1 0 0 0
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Table 2. Cont.

Common Name Scientific Name

1967–1968 2003–2005

Section Section

1 2 3 1 2 3

Bay shrimp Lissocrangon stylirostris 2 0 0 0 0 0
Bay goby Lepidogobius lepidus 0 2 0 0 0 0

Pacific sand lance Ammodytes hexapterus 1 0 1 0 0 0
Longnose skate Raja rhina 1 1 0 0 0 0
Copper rockfish Sebastes caurinus 1 0 0 0 1 1

Arrow goby Clevlandia ios 0 1 0 0 0 0
Scalyhead sculpin Artedius harringtoni 1 0 0 0 0 0

Whitespotted greenling Hexagrammos stelleri 1 0 0 0 0 0
Tidepool snailfish Liparis florae 1 0 0 0 0 0

Green sturgeon Acipenser medirostris 0 0 1 0 0 0
Pacific hake Merluccius productus 0 1 0 0 0 0

Wolf eel Anarrhichthys ocellatus 1 0 0 0 0 0
Brown Irish lord Hemilepidotus spinosus 1 0 0 0 0 0
Silver surfperch Hyperprosopon elliptiicum 1 0 0 0 0 0

Vermilion rockfish Sebastes miniatus 1 0 0 0 0 0
Chinook salmon Oncorhynchus tshawytscha 0 0 1 0 0 0

Coho salmon Oncorhynchus kisutch 0 0 1 0 0 0
Prickly sculpin Cottus asper 0 0 1 0 0 0
Dock shrimp Pandalus danae 1 0 0 0 0 0

Porcelain crab Petrolisthes cinctipes 0 0 0 0 2 12
Hermit crab Pagurus sp. 0 0 0 0 0 2

Kelp crab Pugettia producta 0 0 0 0 6 1
Red Irish lord Hemilepidotus hemilepidotus 0 0 0 0 2 0

Pacific sanddab Citharichthys sordidus 0 0 0 0 1 0
Eulachon Thaleichthys pacificus 0 0 0 0 1 0

Totals 3512 17,573 7134 311 4091 4082

Table 3. Catch per unit effort (CPUE) of species comprising the top 95% of the total catch from
1967–1968 and 2003–2005.

CPUE of Species in Top 95% of Catch 1967–1968 2003–2005

All Individuals 644.64 57.99
Epibenthic Crustaceans (all) 134.6 146.5

Epibenthic Crustaceans (minus
Dungeness crab) 102.6 33.73

Demersal Fishes 542.05 24.27

The families Embiotocidae and Cottidae were the most represented families in the
2003–2005 trawl survey; Embiotocidae was the most represented family in 1967–1968. En-
glish sole (Parophrys vetulus; #1 in abundance in 1967–1968) and Dungeness crab (Metacarci-
nus magister; #4 in abundance in 1967–1968) were the dominant species in the 2003–2005
survey; however, the relative abundance of these two species to each other changed from
7.39:1 (P. vetulus:C. magister) during 1967–1968 to 1:2.25 in 2003–2005, a proportional change
of approximately 1600%. Dungeness crab was the only one of the top 20 species to see an
increase in total catch and CPUE between the two time periods. When the Dungeness crab
is included in the epibenthic crustacean CPUE calculations, epibenthic crustacean CPUE
between the sampling periods increases by ~9%. Males dominated the Dungeness crab
catch in 2003–2005, and 93% of the Dungeness crabs captured were sublegal in size [37]
with a mean carapace width of 74 mm. Male Dungeness crabs were also dominant during
the 1967–1968 survey, where 100% of the Dungeness crabs caught at that time were reported
as sublegal in size [23], although actual sizes were not reported for that survey. The mini-
mum legal size for Dungeness crab in Oregon, established in 1964 (Oregon Department of
Fish and Wildlife), is 146 mm (5.25′′) and 159 mm (6.25′′) for recreational and commercial
harvest, respectively.

Measures of biodiversity were calculated for both the 2003–2005 trawl survey and the
1967–1968 survey (Table 4). With the exception of Simpson’s index and Shannon’s evenness
index, estimates of biodiversity decreased in all bay sections between surveys. This decline
in biodiversity, when paired with a ~10% increase in total epibenthic crustacean catch in
the 2003–2005 survey, provides evidence of a shift in community dominance. This shift was
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driven principally by the Dungeness crab in the 2003–2005 survey, which comprised 86%
of the epibenthic crustacean catch and 48% of the total catch.

Table 4. Biodiversity indices for all fish and epibenthic crustaceans in three sections of lower Yaquina
Bay from 1967–1968 and 2003–2005.

1967–1968 2003–2005

Bay Section 1 2 3 1 2 3

Species Richness 50 40 36 13 28 24
Simpson’s Index 0.15 0.26 0.15 0.26 0.26 0.33
Shannon’s Index 2.43 1.90 2.29 1.70 1.80 1.62
Margalef’s Index 6.00 3.99 3.94 2.09 3.25 2.77

Shannon’s Evenness 0.62 0.52 0.64 0.66 0.54 0.51

4. Discussion

Our re-visitation of De Ben and co-worker’s [23] comprehensive trawl survey pro-
vides an updated assessment of the benthic community in a northeast Pacific coastal
estuary during the latter half of the past century. While we cannot establish direct causal
mechanisms for any differences observed in presence/absence, diversity, or abundance,
several compelling trends of change are evident between the two time periods covered by
this work.

Most significantly, total CPUE dropped by 91% between the two survey periods. This
highlights a tremendous decline in estuarine species abundance and richness in the section
of Yaquina Bay that has been most altered by development in the last four decades (Figure 2).
Similar declines in abundance have been observed following waterfront development in
the southeast United States, where demersal fish and epibenthic crustaceans were less
abundant in stretches of shoreline altered by rubble or bulkheads [38], while a broader
synthesis aimed at evaluating the ecological impacts of overwater structures (OWSs) in the
U.S. Pacific Northwest [3] found that OWSs reduce natural habitat (seagrassess) and prey
(abundance and diversity of invertebrate species), and affect the movement, migration, and
feeding behaviors of salmonids. Changes to Yaquina Bay have also affected community
composition, as most measures of biodiversity declined between surveys. Bilkovic and
Roggero [39] found analogous results in Virginia’s James River, a tidal tributary of the
Chesapeake Bay, where estuarine communities populating natural shoreline habitat tended
to be more diverse than highly developed sites where a few generalist species dominated.
Kimball and co-workers [40] worked over a similar decadal time span but evaluated
different metrics. They saw a decrease in ichthyofaunal abundance and a shift from pelagic
to benthic finfish dominance. Recent work in Yaquina Bay indicates, too, that natural
seagrass habitat supports a richer and more abundant fish community than anthropogenic
structures [41].

English sole and Dungeness crab were the most abundant fish and invertebrate species
in both surveys, but the relative dominance of finfish to crustaceans changed dramatically
between the two time periods. Although the total catch proportion by section represented
by these two species was similar in both surveys, the ratio of finfish to crustaceans was
drastically lower in 2003–2005 (0.8:1) than in 1967–1968 (5.5:1). Dungeness crab comprised
over 48% of the total catch in 2003–2005 but only 5% of the catch in 1967–1968. Despite
the potential for minor variations between studies in exact sampling technique (distance
towed, tow speed, sampling gear type) to inflate the 2003–2005 crab catch, we used the
same gear type and attempted to replicate the sampling effort as closely as possible to that
of De Ben and co-workers [23], so any sampling approach differences likely cannot explain
the magnitude of change in finfish and Dungeness crab catch.
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Figure 2. Aerial images of lower Yaquina Bay from (A) 1939 and (B) 2015. Numbered blocks indicate
major changes in bay structure and dredging since 1967–1968 as follows: (1) 1969: Channel depth
change from 26′ to 40′ deep, (2) 1970s–1990s: Expansion of Oregon State University’s Hatfield Marine
Science Center to contemporary footprint, (3) 1972: South Jetty 1800′ extension, (4) 1978: Oregon
Aqua Foods facility, (5) 1978–1979: South Beach Marina construction, (6) 1976: Liquid natural gas
storage facility, (7) 1974–1977: Embarcadero condominiums, (8) 1992: Oregon Coast Aquarium, and
(9) 2011–2012: NOAA Marine Operations Center Pacific (MOC-P), which was built at the site of
Oregon Aqua Foods and included the dredging, filling, and construction of a ship pier. Note that the
NOAA MOC-P site was not in place at the time of our survey. Image A courtesy of Hatfield Marine
Science Center. Image B from [42].

Commercial Dungeness crab catch has increased over the last several decades [43],
which indicates a potential overall abundance increase in the ocean region surrounding
Yaquina Bay (Figure 3). Oregon’s annual Dungeness crab landings during 1967–1968
averaged 4756 ± 555 metric tons (mean ± SD), whereas in 2003–2005, catch rose significantly
to 10,423 ± 2196 metric tons (two-tailed t-test p = 0.0507), with 2004 having the highest catch
of any year in the intervening period. Unfortunately, there are no estimates of biomass
or CPUE for the Oregon Dungeness crab population, nor are there any effort controls (or
measures of effort) on the fishery; therefore, increased harvest could also be explained by
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increased exploitation rate. In contrast, this does not satisfactorily explain the decline in
finfish catch, for which we have no explicit explanation.

 

Figure 3. Annual commercial landings (metric tons) of Dungeness crab in Oregon from 1950 to 2013.
Emphasized (solid) symbols indicate catch during 1967–1968 and 2003–2005. Data from the NOAA
Fisheries Commercial Fisheries Statistics online database are accessible online at http://www.st.nmfs.
noaa.gov/commercial-fisheries/commercial-landings/ (accessed on 17 August 2023).

Whereas other studies have identified shoreline development as a driver of community
change in estuarine systems [38,39], we acknowledge that our study is only indirectly
indicative of these changes. Further evaluation of whether development is the driver
of community change in Oregon estuaries like Yaquina Bay would require a different
approach, either through tracking changes in community composition during experimental
restoration efforts or a multi-estuary study across estuaries experiencing different levels of
development. Scientific research in the bay has proliferated since our 2003–2005 survey.
Questions about the patterns of dissolved oxygen, nutrient transport, and coastal water
mass coupling have addressed the physical ecology of the bay [44,45]. Invertebrate research
has centered on the cultivation of the Pacific oyster (Crassostrea gigas) and the ecology
of mud shrimp [46–48], whereas submerged aquatic vegetation research has monitored
the interaction of eelgrass and macroalgae relative to shoreline erosion and tracked the
production of the invasive eelgrass, Zostera japonica [49–51]. Marine fish research has
investigated the habitat preferences of juvenile lingcod and rockfishes, as well as concerns
about the effects of upland contaminants on out-migrating salmon smolts [17,32,41,52–54].
Spencer et al. [54] conducted a camera sled survey of Yaquina Bay to estimate the abundance
of juvenile flatfishes, but that is the only other research (besides ours) to catalog the benthic
marine fish community of the bay on a broad scale since the 1967–1968 survey [23].

5. Conclusions

This work is a meaningful contribution to our understanding of how the animal
community in estuaries changes. Long-term monitoring of any system is difficult, but this
work can be viewed as a more recent baseline for the benthic marine community structure
of Yaquina Bay. It is also valuable to the field of coastal and estuarine science as an endpoint
study of community change in a developing port. As shoreline development continues
around the world, this work is one example of the potential changes that may result over
several decades’ time.
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Our work measures fish and epibenthic crustacean community structure in Yaquina
Bay, Oregon, USA, as a snapshot survey of the change that is possible following an approxi-
mately four-decade period. Our work is a partial replicate of De Ben et al.’s [23] survey
design, and we use our results to show ecological changes in the benthic marine community
of Yaquina Bay following prolonged and intense development of adjacent natural shoreline,
dredging of the main channel, and across a time course of environmental change. Overall,
our results suggest that Yaquina Bay has experienced both a substantial decline in the total
abundance of demersal species and a shift in benthic community dominance in the last half
of the 20th century. The largely similar abiotic conditions during both surveys (excluding
1968 rainfall), the similar patterns of catch rank, and the shift to a dominant crustacean
allude to a persistent and local driver of community change. Shoreline development and
channelization of Yaquina Bay accelerated during the time that elapsed between the two
surveys, and habitat degradation and anthropogenic nutrient input resulting from shore-
line development seem likely catalysts of community reorganization. The development of
well-designed, multi-metric indicators for estuaries like Yaquina Bay may help track the
ecosystem-level impacts of these changes, allowing us to better understand the broader
impacts of human development and environmental change on these systems.
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Abstract: Multimetric indices play a pivotal role in assessing river ecological quality, aligning with
the European Water Framework Directive (EU WFD) requirements. However, indices developed
specifically for large rivers are uncommon. Our objective was to develop a fish-based tool specifically
tailored to assess the ecological quality in Portuguese large rivers. Data were collected from seven sites
in each of three Portuguese large rivers (Minho, Guadiana, and Tagus). Each site was classified using
an environmental disturbance score, combining different pressure types, such as water chemistry, land
use, and hydromorphological alterations. The Fish-based Multimetric Index for Portuguese Large
Rivers (F-MMIP-LR) comprises four metrics: % native lithophilic individuals; % alien individuals; %
migrant individuals; and % freshwater native individuals, representing compositional, reproductive,
and migratory guilds. The index showed good performance in separating least- and most-disturbed
sites. Least-disturbed sites were rated ‘high’ or ‘good’ by F-MMIP-LR, contrasting with no such
classification for most-disturbed sites, highlighting index robustness. The three rivers presented
a wide range of F-MMIP-LR values across the gradient of ‘bad’ to ‘high’, indicating that, on a
large spatial extent, the biological condition was substantially altered. The F-MMIP-LR provides
vital information for managers and decision-makers, guiding restoration efforts and strengthening
conservation initiatives in line with the WFD.

Keywords: ecological quality; large rivers; water framework directive; MMI; fishes; freshwater
ecosystems

Key Contribution: Our study is significant in developing a new fish-based tool specifically tailored
for assessing the ecological quality of Portuguese large rivers. This tool offers valuable insights to
enhance river management and conservation efforts, in alignment with the EU WFD.

1. Introduction

Large rivers and their riparian zones are vital features of the Earth’s hydrological
systems, providing many ecosystem services and being globally recognized as hot spots
of biodiversity [1]. However, most European large rivers have been severely degraded by
human interventions that include channelization, dam construction, wastewater discharges,
and introduction of non-native species, among others [2,3]. Likewise, Portuguese large
rivers (Minho, Tagus, and Guadiana; catchment areas ≥ 10,000 km2) have been altered by
humans for centuries [4], causing the degradation of the riverbed and the riparian areas,
river connectivity, flow regimes, and water quality. The number of non-native species
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in these systems has also increased exponentially as a result of introductions seeking to
improve fisheries [5]. The ecological condition of Portuguese large rivers has been markedly
affected by these historical intensive uses, thus jeopardizing the structure of the aquatic
biotic communities. Because they are connected to the sea, these rivers also support several
endangered freshwater and diadromous fishes, making them important and valuable
resources for conservation and fisheries [6].

The Water Framework Directive (WFD) was implemented in 2000 and set the goal
of “good ecological status” for all European inland waters [7]. With this aim, EU member
states must assess the ecological status of rivers, lakes, and transitional and coastal water
bodies in their territory, and establish programmes of measures to reduce substantial
anthropogenic pressures. Ecological status is assessed based on biological quality elements,
such as fish assemblages, and their supporting physico-chemical and hydromorphological
quality elements, which indicate the condition of an aquatic ecosystem in response to a
variety of human-caused stressors. Given the increasing seriousness of the environmental
degradation of European waters in general, and large rivers in particular [8], the need for
effective ecological and biodiversity monitoring programs has never been higher [9,10].

Multimetric indices (MMIs) are common methods for assessing the biological quality
of rivers and evaluating the rehabilitation of aquatic communities [11,12]. These tools are
based on the premise that biological communities respond to human-caused pressures in
expectable and measurable ways, facilitating the estimation of the relationship between
the biological community and the amount of environmental degradation [13]. MMIs are
composed of a set of metrics related to the species composition and functional attributes of
biological assemblages, such as taxa richness, trophic and habitat niche, and abundance.
This method has been adapted to a wide range of lotic aquatic ecosystems in European
waters to assess ecological status in accordance with the EU WFD [14–20]. However, most
methods were not specifically developed for large rivers, which demonstrates the need
for the development of new studies and tools focused on bioassessment of these sys-
tems [21,22]. In fact, large rivers are complex and very diverse ecosystems [23], presenting
unique challenges to their biological assessment, such as the selection of efficient sampling
techniques, seasonal changes of fish assemblage composition, and the low number of
minimally disturbed sites needed to set reference conditions [2,21].

The WFD requires EU member states to develop typologies for surface waters based on
a set of environmental variables that represent the fixed abiotic conditions, e.g., altitude, size,
and basin geology, to explain the natural variability of the ecosystems [8]. These typologies
categorize water bodies into distinct groups (river types) characterized by similar geo-
morphological, hydrological, physico-chemical, and biological attributes. This paper aimed
to assess the spatial variations of the biological quality of one of those Portuguese river
types—large rivers—based on an MMI specifically developed for them. Thus, we expected
to detect changes in fish assemblages according to the environmental conditions of the river
segments. Such an MMI can serve as a valuable resource for managers and decision-makers
to assess the biological quality of Portuguese large rivers, helping to direct rehabilitation
efforts towards the most severely disturbed sites, and to strengthen the conservation of
the least-disturbed ones. It can aid in identifying areas with the greatest impairments,
potentially establishing the underlying causes of these impairments, and recommending
mitigation strategies. Furthermore, an MMI can enable the tracking of improvements
in fish assemblages over time, thereby evaluating the success or failure of rehabilitation
projects and facilitating the implementation of adaptive management strategies, where
interventions can be adjusted based on observed outcomes. In fact, the ability of these tools
to track fish assemblages over time represents a significant contribution for the effective
management and conservation planning of river ecosystems.
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2. Materials and Methods

2.1. Study Area and Sampling Sites

According to Borgwardt et al. [24], Portuguese large rivers are classified into a unique
large river type (LRT), the Mediterranean rivers. These rivers are characterized by having
catchment areas ≥ 10,000 km2 and where most of the river’s course has not been impounded
by large dams to any significant extent. By this definition, Portugal has three large rivers:
Minho, Tagus, and Guadiana, corresponding to deep and wide fluvial channels with gentle
slopes, and generally with wide floodplains, although they may also cross areas of narrow,
rocky valleys. Although the Douro River is one of the Portuguese “big rivers”, its sequence
of dams excluded it from this work. The Minho River is in northwestern Iberia and extends
~300 km through Spain to Portugal with the last 75 km of river defining the border between
both countries. This international section is classified as an LRT and begins immediately
downstream of the Spanish Frieira Dam (Figure 1). The Tagus River is in middle Iberia,
between the Douro and Guadiana basins, and it extends ~1100 km through Spain and
Portugal, sustaining a series of dams during its course. In Portugal, only the lower 170 km
are free flowing waters, a fluvial segment classified as an LRT that extends from the river
mouth to the first hydroelectric structure, Belver Dam. Lastly, the Guadiana River is also
an Iberian watercourse that flows 820 km into the Atlantic Ocean at the southern border
between the two countries. In Portugal, the Guadiana River is classified as an LRT upstream
and downstream of the Alqueva/Pedrogão system, which is an important multiple-use
water supply system that is located ~150 km from the estuary.

Figure 1. Study area and location of the sampled sites.

The Convention on Cooperation for the Protection and Sustainable Use of Waters in
Portuguese-Spanish River Basins (Albufeira Convention) is the instrument of cooperation
between Portugal and Spain, for the protection and sustainable use of water in these
basins [25]. This convention is designed to provide a framework for bilateral cooperation
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in the context of the WFD, for the protection of water bodies, aquatic and terrestrial
ecosystems, and for the sustainable use of water resources.

Iberian large rivers have endured a long-history of human interventions and natural
disturbances in the fluvial corridors and on the surrounding valleys [4], including highly
modified river flows [26]. The fish assemblages in these rivers are dominated by a mix-
ture of larger potamodromous species, several non-native species, and diadromous fish
populations with life-cycles spanning marine and freshwater ecosystems [6].

We selected 7 sites in each of the international Minho River, the Tagus River down-
stream from the Belver Dam, and the Guadiana River upstream of the Alqueva Dam and
downstream of the Pedrogão Dam (Figure 1). Although the sites were not chosen randomly,
we tried to ensure that they encompassed the range of natural conditions and human
stressors occurring in the study areas. Except for two sites in the Guadiana River, all
samples were taken between 2019 and 2022. Because of the lack of recent samples from
least-disturbed reaches in the Guadiana River, we included two sites that were sampled
there in 1996 and 1998, prior to the construction of the Alqueva Dam.

2.2. Anthropogenic Disturbance and Site Classification

There are no “near natural” reaches in our large rivers, but only lotic segments that
present least-disturbed conditions (i.e., the presently best available condition). This is a
common situation in many large rivers of the world, leading to the use of least-disturbed
sites, with considerable levels of human influence, as “reference conditions”, which is key
for the development of most biotic indices [12,27,28].

To classify each site, we developed an environmental disturbance score (EDS) based on
a wide range of pressure types, namely, nutrient enrichment, non-natural land uses, channel
morphology modifications, riparian disturbance, and flow regulation (Table 1). Disturbance
scores for each variable were based on professional judgement and on adaptations of the
classifications proposed by Oliveira et al. and Weigel and Dimick [29,30], who developed
biological indices for large rivers. Variables were scored to the degree from which they
deviated from the least-disturbed conditions (from 1 for no deviation, to 4 for highly
deviated; Table 1).

Table 1. Criteria to score variables related to human disturbance. Variables were scored to the degree
they deviated from least-disturbed conditions (from 1 for no deviation, to 4 for highly degraded);
TP—Total Phosphorus; TN—Total Nitrogen.

Class Agricultural Land Use
Artificial

Land
Use

TP (mg/L) TN (mg/L)
Channel

Morphology/Riparian
Disturbance

Flow Regulation

1 <10% agriculture, and
<3% intensive farming <5% <0.13 <1.0 No or minor impacts Infrequent or no

hydropeaking

2 10–30% agriculture, and
<10% intensive farming 5–15% 0.14–0.26 1.0–2.0

Most of natural channel
form maintained, and

>70% of the streambank
vegetation in natural state

Regular hydropeaking
and distance > 30 km

from a large
hydroelectric power

plant (LHPP)

3 31–70% agriculture and
<15% intensive farming 16–25% 0.27–0.39 2.1–3.0

Channelized (some natural
habitat types missing),
and/or 50–70% of the

streambank vegetation in
natural state

Regular hydropeaking
and distance < 30 km

from an LHPP

4 >70% agriculture and/or
>15% intensive farming >25% >0.39 >3.0

Strongly channelized
(most natural habitat types
missing), and/or <50% of
the streambank vegetation

in natural state

Regular hydropeaking
and marked seasonal

dewatering of
the river
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For land use data, we used three CORINE Land Cover (CLC) inventories: 2000, 2010,
and 2018 (depending on the sampling date) produced within the framework of the Coper-
nicus Land Monitoring Service [31]. For each inventory, we grouped the categories already
defined in CLC in three land use classes: artificial (mostly urban), intensive agriculture,
and non-irrigated agriculture. ArcGis Pro data were extracted using a buffer with a 12-km
radius, with the buffer centroids being placed exactly 10 km upstream from each sampling
site. Agricultural land use was estimated as less than both 10% of agriculture and 3% of
intensive farming (1) to more than 70% agriculture or more than 15% intensive farming
(4). Artificial land use was estimated as <5% (1) to >25% (4). Chemical data were obtained
from SNIRH (National Water Resources Information System) [32], and total P (TP) and
total N (TN) were calculated as the mean of the available values in the last five years,
i.e., considering the sampling year/month and the previous four years. Analyzing a set
of data over time offers a more thorough understanding of the chemical composition of
water in a site compared to relying only on a single sample [33]. Based on Weigel and
Dimick [30], TP and TN ranged from, <0.13 mg/L and 1.0 mg/L (1) to >0.39 mg/L and
3.0 mg/L (4), respectively. Morphological modifications and riparian disturbance were
evaluated in the field and from direct observation in Google Earth, on a river reach extend-
ing 1 km upstream from each sampling site. Channel morphology and riparian condition
were evaluated from no or minor impacts (1) to strongly channelized river (most natural
habitat types missing) and/or <50% of the streambank vegetation in natural state (4). Flow
regulation was evaluated as a function of the influence of large hydroelectric power plants
(LHPPs) upstream from the site (the operation of these structures is similar, imposing
an “on–off” pattern of flow that depends on electricity demands). Thus, flow regulation
was evaluated as infrequent or no hydropeaking (1) to regular hydropeaking and marked
seasonal dewatering of the river (4).

A composite score of the six disturbance measures (i.e., the sum of scores (1–4) across
the 6 measures) was calculated for each site (EDS), and the two lowest scoring sites from
each of the three rivers were selected as the least-disturbed sites (i.e., a total of six LD sites);
an additional condition for a site to be classified as LD was to have a classification of 1 or 2
on at least five pressure variables. The remaining 15 sites were classified as most-disturbed
(MD) sites.

The sites spanned a considerable gradient of environmental disturbance as indicated
by TN concentrations (0.82–3.67 mg/L), agricultural areas (19–67%), irrigated agriculture
(0–44%), channel morphology and riparian condition (1–4), and flow regulation (1–4)
(Table S1). These results indicate a clear anthropogenic pressure gradient and environment
conditions that are determined independently from the aquatic biota [30].

2.3. Fish Sampling

Except for the two sites sampled before 2000 in the Guadiana River (GR sites < 2000),
all other fish assemblages were sampled according to the WFD protocol for Portuguese
rivers [34]. Each site was boat-electrofished once during spring–summer base flow. Elec-
trofishing distances were at least 10 times the mean wetted width of the channel and both
banks were surveyed. This method was complemented by gill netting in the pelagic zone of
the channel, which included the placement of one surface and one deep pelagic multi-mesh
net; both nets were 30-m long by 1.5-m deep and were composed of 2.5-m long segments
with 12 different mesh sizes (ranging from 5 mm to 55 mm). The nets were fished for 3 h in
all segments. The GR sites < 2000 were electrofished in a similar way but no gill nets were
used. Fish were identified and measured in the field; native specimens were returned alive
to the water, and non-natives were killed, in accordance with Portuguese legislation. For
analytical purposes, the total captures resulting from both electrofishing and gill netting
were aggregated.
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2.4. Index Development

The F-MMIP-LR was developed following Whittier et al., Krause et al., and Gonino
et al. [35–37]. First, we selected fish metrics from the literature based on species com-
position or related to the percentage of fish guilds grouped into ecological functions.
Although we used a standardized sampling in most of the sites, fish species abundance
in large rivers is particularly reliant on sample size or effort, and to account for this,
species abundance in each site was quantified in terms of relative abundance (%) rather
than absolute numbers. On the other hand, most diadromous species are widely dis-
tributed throughout Portuguese larger rivers, but some freshwater species are restricted
to one or a few basins (Table 2). For example, two Luciobarbus species occur only in
the Guadiana River. Because of this heterogeneity in the number of species between
the studied large rivers, our metrics were only based on the relative abundance of in-
dividuals. Thus, we considered fourteen metrics grouped into six groups, following
Noble et al. and Oliveira et al. [38,39] (Table 2): (1) compositional metrics (freshwater
natives—FNAT, aliens—ALIE, and threatened fishes—THRE (taxa classified as at least
vulnerable on the Portuguese Red Book of Freshwater and Diadromous Fishes [40]));
(2) overall tolerance guilds, based on species ability to endure a wide range of environ-
mental conditions (non-tolerant—NOTO and tolerant—TOLE); (3) trophic guilds, based
on the diet of adult individuals (native invertivore—INVE and omnivorous—OMNI);
(4) habitat guilds, based on the preferred feeding and living habitats (benthic—BENT and
native water column—PELA); (5) reproduction guilds, based on spawning substrate (na-
tive lithophilic—LITH and generalist—GENE); (6) migratory behavior guilds (diadromous
(species that migrate between marine and freshwater habitats)—DIAD, potamodromous
(species that migrate amongst multiple freshwater environments)—POTA, and migrant
(the sum of DIAD and POTA)). Biological characteristics of fish species were based on the
European EFI+ project [41] with a few modifications supported by additional published
data [39], and best professional judgment (Table 2).

Table 2. Species distribution by basin (M—Minho; T—Tagus; G—Guadiana), frequency
of occurrence (FO) (%), and compositional and functional guilds (FNAT—freshwater native;
ALIE—alien; THRE—threatened; NOTO—non-tolerant; TOLE—tolerant; INVE—native inverti-
vore; OMNI—omnivorous; BENT—benthic; PELA—native water column; LITH—native lithophilic;
GENE—generalist; DIAD—diadromous; POTA—potamodromous).

Family Species Basin FO Guilds

Anguillidae Anguilla anguilla M; T; G 61.9% THRE, TOLE, OMNI, BENT, DIAD
Atherinidae Atherina boyeri M; T; G 38.1% NOTO, INVE, PELA, GENE, DIAD

Centrarchidae Lepomis gibbosus M; T; G 76.2% ALIE, TOLE, GENE
Micropterus salmoides M; T; G 52.4% ALIE, TOLE, GENE

Cichlidae Australoheros facetus G 28.6% ALIE, TOLE, GENE
Clupeidae Alosa alosa M; T; G 9.5% THRE, NOTO, PELA, LITH, DIAD

Alosa fallax M; T; G 4.8% THRE, NOTO, PELA, LITH, DIAD
Cobitidae Cobitis paludica T; G 23.8% FNAT, TOLE, INVE, BENT, GENE

Cyprinidae Carassius auratus M; T; G 47.6% ALIE, TOLE, BENT
Carassius gibelio T; G 4.8% ALIE, TOLE, BENT
Cyprinus carpio M; T; G 42.9% ALIE, TOLE, BENT

Luciobarbus bocagei M; T 47.6% FNAT, TOLE, OMNI, BENT, LITH, POTA
Luciobarbus comizo T; G 19.0% FNAT, TOLE, OMNI, BENT, LITH, POTA

Luciobarbus microcephalus G 9.5% FNAT, THRE, TOLE, OMNI, BENT, LITH, POTA
Luciobarbus sclateri G 28.6% FNAT, TOLE, OMNI, BENT, LITH, POTA

Luciobarbus steindachneri T; G 9.5% FNAT, TOLE, OMNI, BENT, LITH, POTA
Gasterosteidae Gasterosteus aculeatus M; T 9.5% FNAT, THRE, NOTO, OMNI, PELA

Gobiidae Pomatoschistus microps M; T; G 4.8% NOTO, OMNI, BENT, GENE
Gobionidae Gobio lozanoi M; T 38.1% ALIE, TOLE, BENT
Ictaluridae Ameirus melas T; G 9.5% ALIE, TOLE, BENT

Ictalurus punctatus G 4.8% ALIE, TOLE, BENT
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Table 2. Cont.

Family Species Basin FO Guilds

Leuciscidae Achondrostoma oligolepis M; T 14.3% FNAT, TOLE, OMNI, PELA, GENE
Alburnus alburnus T; G 42.9% ALIE, TOLE, OMNI

Pseudochondrostoma duriense M 28.6% FNAT, NOTO, OMNI, BENT, LITH, POTA
Pseudochondrostoma polylepis T 14.3% FNAT, NOTO, OMNI, BENT, LITH, POTA

Pseudochondrostoma willkommii G 4.8% FNAT, THRE, NOTO, OMNI, BENT, LITH, POTA
Squalius carolitertii M 14.3% FNAT, NOTO, INVE, PELA, LITH
Squalius pyrenaicus T; G 4.8% FNAT, THRE, NOTO, INVE, PELA, LITH

Moronidae Dicentrarchus labrax M; T; G 4.8% NOTO, INVE, PELA
Mugilidae Liza ramada M; T; G 23.8% TOLE, OMNI, PELA, DIAD

Mugil cephalus M; T; G 9.5% TOLE, OMNI, PELA, DIAD
Percidae Sander lucioperca T; G 23.8% ALIE, TOLE, GENE

Petromyzontidae Petromyzon marinus M; T; G 4.8% THRE, NOTO, BENT, LITH, DIAD
Pleuronectidae Platichthys flesus M; T; G 9.5% NOTO, INVE, BENT, DIAD

Poecilidae Gambusia holbrooki M; T; G 52.4% ALIE, TOLE
Salmonidae Salmo trutta M; T 9.5% FNAT, NOTO, INVE, PELA, LITH, POTA

Siluridae Silurus glanis T 28.6% ALIE, TOLE, BENT, GENE

Candidate metrics were screened in a four-step process. First, we checked the distribu-
tion of metric values across all sites to eliminate those metrics with very small ranges (range
test). Second, we performed a Kruskal–Wallis test (p < 0.1) to examine the responsiveness
of the metrics that passed the first step in distinguishing the least and most disturbed sites.
Third, we used the Spearman correlation coefficient to choose metrics lacking redundant
information with other metrics (rs > 0.70). In the last step, we conducted a range test
for metric values, based on the examination of box plots representing the metric scores
(medians) for the LD and MD sites, to determine if most of the values from the two groups
did not overlap. Metrics were scored on a continuous scale from 0 to 1. For metric scoring
and calculation of the F-MMIP-LR, floor and ceiling values were defined as the 5th and
95th percentiles of metric values across all sites [35]. Metric scores between this range of
values were interpolated linearly. For negative metrics, we reversed the floor and ceiling
values. The scored metrics were then summed, and the summed score was divided by the
number of metrics. Thus, the final value of the index was scaled to a range of 0 to 1, where
0 corresponds to the worst and 1 to the best quality of each site.

Following Hering et al. [42], we defined five quality classes (high, good, moderate,
poor, and bad) with equal ranges to provide five ordinal rating categories for assessment of
disturbance in accordance with the demands of the WFD. We performed a Kruskal–Wallis
test (p < 0.05) to verify the ability of our index to discriminate least- from most-disturbed
sites; and we used a Spearman’s test to check the correlation between the F-MMIP-LR
scores and the EDS scores.

3. Results

A total of 9501 individuals comprised of 37 fish species and 20 families were collected
(Table 2). Of these, 24 (65%) species were native and 13 were alien (35%). As expected, the
most-collected species are widespread throughout the Portuguese large rivers, exploring
a great variety of environmental conditions. The alien Lepomis gibbosus was the most
frequently occurring species, occurring in 16 sites, followed by the native Anguilla anguilla
(13 sites), and the aliens Gambusia holbrooki and Micropterus salmoides (both occurring in
11 sites).

Of all candidate metrics, only four metrics were approved in all tests to compose
the final F-MMIP-LR: % lithophilics, % migrants, % aliens, and % freshwater natives
(Figure 2; Table 3). The F-MMIP-LR clearly discriminated least- from most-disturbed sites
(Kruskal–Wallis test: H = 10.188; p < 0.001; n = 21) (Figure 3, Table S1), and we found
a significant negative Spearman’s correlation between F-MMIP-LR and EDS for all sites
(rs = −0.639, p < 0.0021) (Figure 4). All but one of the least-impacted sites were classified as
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‘high’ or ‘good’ by the F-MMIP-LR, and none of the most-impacted sites were classified as
‘high’ or ‘good’, (Figure 5; Table S1).

Figure 2. Distribution of metric values from the final range test for the least disturbed (LD) and most
disturbed (MD) sites, and results from the Kruskal–Wallis test (n = 21).

Figure 3. Distribution of F-MMIP-LR scores across least disturbed (LD) and most disturbed (MD)
sites, and results from the Kruskal–Wallis test (n = 21).
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Figure 4. Relationship between the F-MMIP-LR scores and the environmental disturbance scores
(rs = −0.639; n = 21).

Figure 5. F-MMIP-LR quality classes (High; Good; Moderate; Poor; Bad) across sampled sites.
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Table 3. The 5th percentile (P5) and 95th percentile (P95) values for the selected metrics.

Metrics P5 P95

% of Lithophilic individuals 1 73
% of Migrant individuals 11 94

% of Alien individuals 2 88
% of Native freshwater individuals 4 73

The F-MMIP-LR scores ranged from 0.018 to 0.905 (Table S1). Based on the five quality
classes with equal ranges, our index classified three sites (2 in Guadiana and 1 in Tagus)
(14%) as ‘high’, two sites (both in Minho) (10%) as ‘good’, five sites (2 in Minho and 3 in
Tagus) (24%) as ‘moderate’, four sites (2 in Minho, 1 in Tagus, and 1 in Guadiana) (19%) as
‘poor’, and seven sites (1 in Minho, 2 in Tagus, and 4 in Guadiana) (33%) as ‘bad’ (Figure 5).
Thus, the three rivers presented a wide range of F-MMIP-LR values across the gradient of
‘bad’ to ‘high’, indicating that 76% of sites were in not-good condition, but still showing
some sites with less substantial human impacts.

4. Discussion

The development of fish-based indices in assessing the quality of large rivers is a
challenging task [2,21,43]. Large rivers require expensive and time-demanding fishing
efforts to adequately characterize fish assemblages [21,44]. Moreso than in wadeable
streams, sampling fish in large rivers requires striking a balance between accuracy, precision,
and cost, as all three factors are critical for effective and practical monitoring programs [45].
The distribution and catchability of fish in large rivers are highly variable because of
extensive local movements and seasonal distribution of fish, presence of very deep habitats,
variation in water levels, and relatively small sampling units [2]. Thus, all assessment
metrics that are applied in large rivers can be based only on proxies of abundances and taxa
richness because of gear and habitat selectivity and insufficient sampling effort [2,46–48].
We are aware of these limitations, which obviously extend to the tool we developed to
assess the quality of large Portuguese rivers. For example, our sampling period most likely
underestimated anadromous species that spawn in winter–early spring, i.e., P. marinus and
Alosa spp. However, we believe that the use of a standardized protocol that also included
two sampling techniques (electrofishing and gillnetting) enhanced the robustness of our
fish assemblage assessments [48,49] and provided a more accurate picture of the biotic
condition of our rivers.

The F-MMIP-LR was composed of four metrics (all metrics as percent relative abun-
dance of individuals): native lithophilics, aliens, native migrants, and freshwater natives.
We agree with Karr and Chu [50] that the selection of appropriate metrics is the key step in
robustness of these biological indices. To this concept, we also add the need to produce a
versatile set of metrics, that can be quickly and easily calculated to provide user-friendly
tools for managers and decision makers. The fish data for the calculation of our met-
rics are easy to collect (e.g., do not require fish measurements or the identification of
DELT—deformities, erosion, lesions, and tumors—specimens), and the metrics themselves
are easy to apply, interpret, and communicate to broad audiences.

A decrease in lithophilic fish was associated with degradation of the index score,
and typically reflects a degradation of the riverbed because they require clean, coarse
substrates for reproductive success [51,52]. In our study, the most-impacted sites were
generally present in larger or more intensive agricultural areas, with more channel and
riparian degradation. Agricultural land use is commonly seen as a key variable in assessing
the effects of human activity on stream and river ecosystems and a good predictor of
both physical habitat quality and in-stream biotic condition [53–55]. In fact, agricultural
activities are the most widespread cause of stream degradation, increasing nonpoint inputs
of sediments, and often being a principal factor affecting riparian areas [56–59]. Riparian
areas serve crucial ecological functions for river systems, such as bank stability, nutrient
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and sediment trapping, and habitat availability for fish in the form of woody debris,
overhanging vegetation, and rootwads [60–62].

The number of non-native fish species and individuals has been growing exponentially
in Portugal (and Iberia) in the last few decades mainly as a result of the growing use of
these species for sport fisheries and in the aquarium trade [5]. This is particularly evident
in large rivers, because of the natural spread of individuals from Spanish populations [63].
Research has largely revealed that non-native fishes can flourish in degraded conditions,
thereby causing substantial negative impacts on natural fish assemblages [64–66], and thus
representing one of the main causes of decline in biotic condition. Our index successfully
included freshwater fish natives as a positive metric and non-native individuals as a sign
of degradation. We also excluded the latter group from the other metrics. In fact, several
authors have emphasized the problem of considering non-natives in MMIs, especially in
the Iberian Peninsula, as the use of metrics with both native and non-native fish could
restrict the ability of the index to detect the effect of non-native intrusions [66–68]. The
metrics we developed also suggested a large influence of the proportion of non-natives in
the degradation of the biological indices.

Least-disturbed river reaches are likely to support and maintain a wide range of eco-
logical processes and functions, so it is not surprising that they include higher abundances
of migrants. In fact, it is reasonable to assume that these river reaches generally present
higher water quality, riparian cover, and shelter, together with lower levels of pollutants
and sedimentation, creating suitable spawning areas for potamodromous and anadromous
species, as well as feeding grounds for catadromous species. Additionally, least-disturbed
sites might have better connectivity with other stream reaches, including the tributaries of
the main rivers, that are used by different life stages of migratory fish. As emphasized by
Jungwirth et al. [69], the ecological condition of large rivers is largely associated with the
spatial/temporal connectivity of habitat subsystems, which are viewed as a crucial basis
for a wide range of exchange processes and migration opportunities. However, McDowall
and Taylor [70] pointed out the problems in establishing relationships between migra-
tory species and environmental quality, as species become rarer with increasing distance
inland/elevation. In that case, differences in abundance may not reflect differences in
proximal habitat quality. However, we believe that this is not a relevant factor in our study,
because historically these species abundantly occupied the habitat network along these
rivers, including segments located many kilometres upstream of our study areas [71,72].

We found no clear relationship between the flow-regulated sites and fish biotic con-
dition because sites with higher F-MMIP-LR scores in the Minho and Tagus Rivers were
farther upstream, closer to large hydroelectric dams (Figure 5). In contrast, in the Guadiana
River, the sites closest to the Pedrogão Dam presented the lowest MMI scores, and these
results are aligned with Lyons et al. [73], who observed similar trends in Wisconsin rivers,
where hydroelectric-peaking caused fish-habitat degradation and were associated with
low fish MMI scores. The differences observed in the Guadiana River, particularly at site
“GU4”, can be attributed to its proximity to the Pedrogão Dam (<1 km), showing the direct
influence of hydroelectric flow regimes, as opposed to the more upstream points of the
Tagus and Minho Rivers, which are located ~10 km from the dam immediately upstream.
The lack of a clear relationship in our study could be influenced by several factors and
be context-dependent [74]. One of these factors may be the better adaptability of native
species, mostly cypriniforms, to lotic habitats with frequent high-flow events, compared to
some non-native fish which are more successful in stable limnological conditions [75,76].
Native species possess natural adaptive responses to high flows that are detrimental to
some non-native species by disrupting their critical life stages.

We believe that our tool is very useful for interpreting, comparing, and conveying
the biotic condition of Portuguese large rivers. The F-MMIP-LR showed a significant
ecological consistency in relation to the degree of perturbation of a site, and both the
metrics and the overall index were able to discriminate between least- and most-disturbed
sites. However, limitations should be considered in interpreting our results. First, we used
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few sites to construct the index—e.g., Yoder and Rankin [77] suggested >30 sites to develop
a more robust tool—and second, we did not validate the index with an independent data
set to assess its performance [78]. Finally, these river systems are degraded by altered
temperature, salinity gradients, flow rates, and toxic chemicals [79], which may not have
been fully addressed in our study. Future research should consider the inclusion of these
and other factors, which certainly provide additional insights for understanding human
impacts on fish assemblages and implications for species management and conservation.
Ultimately, we are confident in the usefulness of the F-MMIP-LR for informing managers
and decision-makers in evaluating the biological quality of Portuguese large rivers within
the framework of the EU WFD.

5. Conclusions

Several EU member states rely on locally developed fish indices customized to their
specific regions to assess the biological quality of their rivers in the context of the WFD.
In line with this approach, the objective of this study was to pioneer the development of
the first fish-based index to assess the biological quality of Portuguese large rivers. The
Fish-based Multimetric Index for Portuguese Large Rivers (F-MMIP-LR) incorporates four
metrics: native lithophilics, aliens, migrants, and freshwater natives. The fish data for
the calculation of the metrics are easy to collect, and the metrics themselves are easy to
apply, interpret, and communicate to broad audiences. Our findings demonstrate the
effectiveness of the index in discerning between least- and most-disturbed sites and its
significant ecological consistency in relation to the degree of perturbation of a site. The
research underscores the importance of evaluating both native and non-native fish species
when assessing river quality, while also acknowledging the impact of human activities,
such as agriculture, on aquatic biodiversity. Furthermore, the study emphasizes the critical
role of preserving ecological processes and functions within rivers, as these foster healthier
fish assemblages. We conclude that our index could be an effective monitoring tool in the
context of the EU WFD and can be used to communicate river health to the public and
policy makers.
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Abstract: As one of the world’s most regulated river basins, the semi-arid Murray–Darling Basin
(MDB) in south-eastern Australia is considered at high ecological risk, with substantial declines in
native fish populations already identified and climate change threats looming. This places great
importance on the collection and use of data to document population trends over large spatial extents,
inform management decisions, and provide baselines from which change can be measured. We
used two medium-term data sets (10 MDB basin-wide fish surveys from 2004–2022) covering the
23 catchments and 68 sub-catchments of the MDB to investigate trends in the distribution of common
riverine species at the entire basin scale. Fifteen native species were analysed for changes in their
contemporary range, and whilst short-term changes were identified, all species showed no significant
continuous trend over the study period. We further analysed the native species extent relative to
their historic records, with bony herring and golden perch occurring in 78% and 68% of their historic
river kilometres, respectively, whereas southern pygmy perch, northern river blackfish, silver perch,
mountain galaxias, and freshwater catfish were all estimated to occur in less than 10% of their historic
extent. Six established non-native species were also analysed and were very consistent in extent over
the years, suggesting that they are near the available limits of expansion of their invasion. We provide
effect sizes for the spatial extent index which can be used as baselines for future studies, especially
those aiming to monitor changes in the spatial extent and population status of native species, or
changes in the spatial extent of new or existing non-native species.

Keywords: spatial extent; native fish; non-native species; historical distributions; monitoring;
baselines

Key Contribution: This monitoring and data analysis not only documents recent changes in
population extent for 21 key freshwater species but also provides essential baseline data from which
population recovery or the influence of climate change can be measured.

1. Introduction

The Murray–Darling Basin (MDB) is one of the world’s most regulated river basins [1,2],
with the majority of its 23 catchments classified as having impaired connectivity [1] and
considered in poor ecological condition [3–5]. Over-allocation of water, flow regulation,
and environmental damage have been long-term concerns, e.g., [6–8], which are becoming
more pressing as a result of climate change, e.g., [9–11]. Recent severe drought conditions,
extensive fish kills, and extreme bushfires (2019–2020) have heightened concerns over the
ecological health of the MDB [12–14]. Even prior to these recent concerns, MDB native fish
were known to be in serious declines, with populations (viz distribution and abundance) of
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common riverine species estimated to be at <10% of pre-European settlement levels (early
1800s) [15,16].

Recognition of the need for higher confidence in native fish species status together
with considerable investment in initiatives to improve river health, e.g., [17,18], require a
significant monitoring program. Hence, the MDB Sustainable Rivers Audit (SRA) began
in 2004 as an MDB-wide surveillance monitoring program to report on the status and
long-term trends in the ecological health (condition) of rivers at the river valley (catch-
ment/watershed) scale. One of the five ecological health themes included in the SRA
was fish and this included the first ever attempt at an MDB-wide fishery-independent
assessment program [4,5]. The SRA fish sampling methodology aimed to assess riverine
species richness, only sampled in channel-permanent habitats (no floodplain or ephemeral
habitats), and relied on a single sampling technique (electrofishing) [4,19]. Nine years after
the SRA program was implemented, the fish component was transformed into the MDB
Fish Survey (MDBFS) which revisited sites previously used in the SRA and maintained the
same within-site sampling protocols but sampled fewer sites more often. Both data sets
combined provide the first medium-term (10 basin-wide surveys over 19 years; 2004–2022)
data set for fish in the MDB. The first 9 years of data have previously been used to report
on river health using conceptual indicators of health, e.g., [5], and response to hydrological
factors [19], but these data have not been widely analysed as a combined data set nor used
to investigate the population trends for MDB fish species over time (see [20]).

Monitoring fish distributions is a useful measure of how populations are responding
to management interventions (e.g., fish passage, habitat rehabilitation) or how climatic
factors (drought, flood) are influencing populations. It is also a component of assessing
conservation status and a key metric in assessing the recovery of threatened species where
extent of occurrence and area of occurrence are widely used in classifications such as the
IUCN red list [21]. The MDB also has a high proportion of non-native fish species, both
from overseas and translocated native species [22]. Although several non-native species
have their distribution in the MDB limited by environmental variables (e.g., Salmonids and
water temperature), others (including those recently introduced) are habitat generalists
(e.g., common carp Cyprinus carpio) with considerable potential for range expansions [22].
Non-native fish are significant hosts and vectors of novel pathogens [23,24], and tracking
the extent of the distribution of non-native fish is a key concern for managers. Non-native
species are an ongoing threat that may have high social capital but are rarely targeted in
river health monitoring programs [25].

Aims of this Study

We used the SRA and MDBFS data sets to determine the trends in the contemporary
spatial distribution (extent) of common, widespread, and abundant MDB fish species over
the period 2004–2022. We further assessed spatial extent for each native species relative to
their known historical distribution and the current spatial extent of non-native (Non-native)
fish species in the MDB. The results provide trends and baseline assessments of the extent
of common riverine species that may be used as reference for future comparisons.

2. Materials and Methods

2.1. Study Area

The Murray–Darling Basin in south-eastern Australia (Figure 1) covers more than a
million km2, or about 14% of Australia’s total landmass, provides about 40% of Australia’s
total agricultural production, and accounts for 50% of the nation’s irrigated agricultural
water use [26,27]. Hence, there is conflict between water management for agriculture
and that for environmental benefits and assets such as fish [28]. The MDB encompasses
all or parts of five states and territories, with fish management remaining the respon-
sibility of state/territory governments. Overlaying this structure is a Commonwealth
responsibility for water management via the Basin Plan [27]. The MDB is subdivided into

173



Fishes 2024, 9, 221

23 valleys/catchments/watersheds and 68 sub-catchments for water use management and
for SRA/MDFS fish sampling (Figure 1).

Figure 1. The Murray–Darling Basin, south-eastern Australia, is made up of 23 catchments. The
SRA/MDBFS fish monitoring scheme sampled the basin triennially between 2004 and 2013 then
annually or biennially up to 2022. The dots identify 169 sites that were sampled at least twice (min = 2,
median = 9, max = 10 visits per site) through both programs that are analysed in the current paper.
The sampling strategy included sites in lowland (0 < 200 m ASL), slope (200 < 600 m ASL), and
upland (>600 m ALS) bioregions.

2.2. Data Sets

The MDBFS and SRA data sets offer medium-term data covering the whole of the MBD
stream network with a standardised sampling effort for fish based on a probabilistic site
selection strategy in a mixed longitudinal rotating panel design [29]. The sampling frame
covers all streams in the MDB with at least 5 GL mean annual flow and does not include
ephemeral or non-riverine (wetland and floodplain) habitats. Each valley is stratified into
three sub-catchments that align with potential changes in fish assemblages. These sub-
catchments include lowland (<200 m ASL), slope (200 < 600 m ASL), and upland (>600 m
ASL) bioregions. Upland sites are sampled with relatively more spatial intensity than
lowland or slope habitats [19]. Consequently, when aggregating to higher scale assessments
(catchment or MDB), site parameters must be weighted by the selection probability of each
site (weighting is easily interpreted as the kilometres of river represented by the site when
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it first enters the sampling program). Sites are 1 km in length and were selected from a
stream length GIS layer; thus, after aggregating site data to larger extents, the assessments
are best interpreted as river kilometres (e.g., fish/km) rather than as averages.

The SRA sampled more intensely, but less frequently, whilst the MBDFS sampled more
frequently but less intensely:

• SRA pilot study (2003) = four MDB valleys and sub-catchments were sampled once
with 21 to 26 sites per valley. A total of 92 sites sampled; the results are summarised
in [19,30];

• SRA (2004 to 2013) = every MDB valley and its sub-catchment was sampled once every
three years with 14 to 28 sites per valley. Approximately 450 sites sampled per year;

• MDBFS (2014 to 2022) = every MDB valley and its sub-catchment was sampled once
every year except 2019 and 2020, during which half of the MDB was sampled. Ap-
proximately 145 sites were sampled per year (except 2019 and 2020), with 4–8 sites per
valley, and all sites were previously sampled SRA sites.

Combined, the data sets include 1222 separate survey sites (each site represents 1 km of
river) and 2368 sampling events. We treat sampling the whole MDB in single or consecutive
years as a sampling round and, after 10 sampling rounds, the combined data set now offers
the opportunity to analyse large spatial extent trends in the frequency of occurrence (extent)
for common species that are ubiquitous and/or abundant in the data set.

2.3. Spatial Extent of Common Fish in the MDB (2004 to 2022)

We choose spatial extent as a practical measure for this data set because whilst abun-
dance is also important, its estimation by any sampling method is difficult and comparing
abundance through time is susceptible to many confounding factors. For example, fish
have varying susceptibility between species (habits, habitats, and sizes) and within species
(e.g., life phases) to different sampling seasons and methods, and detectability varies with
environmental variables such as flow and turbidity. This makes the assessment of abun-
dance best interpreted as a relative assessment, e.g., [31–33]. The extent of occurrence,
on the other hand, the proportion of river sites or river kilometres where a fish occurs,
offers a simpler assessment of fish population health over a large area as it only requires
detecting the species presence as a standard effort. It relies simply on the assumption that
the detection of the presence of a species within a site is more likely when the species is
more abundant. This assumption is clearly the case for many fish species in the MDB when
sampled via electrofishing (refer to Table 2 in [31]).

The within-site sampling methodology of the SRA was designed to target species
presence rather than to measure abundance. It involved intensive electrofishing and
returned the full list of species that are well-sampled by electrofishing in 174 of 180 (97%) of
sites in the first year of implementation [19]. Thus, the data collected by the SRA/MDBFS
programs are highly suitable for estimating the presence of common main-channel species
that are susceptible to electrofishing within each site [19] and, consequently, their extent at
the sub-catchment and basin scale. This includes most large-bodied species and riverine
species that have a wide distribution in the MDB.

There are three aspects to the spatial extent analyses. Firstly, for each native species,
we identified contemporary sub-catchments as sub-catchments where a species had been
collected at least once since 2004 were also a historically (pre-1980) known sub-catchment
for that species, based on [22]. As we use sites where the species had been collected at least
once in the data sets, we treat this analysis as a prevalence assessment and refer to the results
as an assessment of current or contemporary extent. We ignore sub-catchments where there
was no history of occurrence to avoid misinterpretations from post-1980 translocations. In
a second analysis, we also include an estimated absolute extent for each species relative
to the species’ known distribution [22]. In this calculation, sites that are in a zone where
the species should be present are included, regardless of whether the species has ever
been collected in that particular site. This is considered a conservative estimate as the
sites are randomly selected, and a missing species may be a random effect (e.g., that site
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has an incorrect habitat for that species). Nevertheless, it is an empirical estimate that
returns a relative assessment of the species’ overall status that serves two purposes: (1) it
allows us to identify species that have relatively better or worse spatial extent estimates
than other species, and (2) it serves as a baseline for these species for this study period to
allow managers to make future comparisons. The two assessments should be interpreted in
conjunction. For example, a species may appear to have high contemporary prevalence—by
consistently occurring in a number of sites in the current data set—yet those sites may only
be from a fraction of its historic distribution.

On the other hand, we analyse non-native species relative to the entire sampling frame.
In other words, the trend in extent of each non-native species is analysed relative to their
distribution across the entire MDB, but for native species, trends in extent are relative
to their historical distribution. In summary, the non-native species analyses include all
68 sub-catchments, whereas the number of sub-catchments used for native species are
unique to each species.

To avoid potential confounding between the SRA and MDBFS site composition, only
sites from the SRA program that were also sampled at least once in the MDBFS are included
in the analyses. That is, many of the SRA sites were only sampled once, whilst almost
all MDBFS sites were revisited annually or biennially, and all MDBFS sites were also
sampled in the SRA. Single-visit SRA sites are not included in the analyses because they
only occurred in the first three sampling rounds and could not contribute to a long-term
trend analysis. For example, a single-visit site that that did (or did not) have a particular
species collected can never contribute to the trend analysis because it is never sampled
again. Meanwhile, a repeat-visit site that did (or did not) have the species collected can
have the species collected (or not) in the repeat visits and can therefore contribute to the
trend analysis of change in extent. There are 169 sites that were sampled in both the SRA
and the MDBFS and these offer 1222 sampling events that are used in the current paper.
The data do not include the pilot SRA as the sampling frame and site selection strategy
changed after the pilot.

Only species that had been detected in at least 14 of the 68 (20%) MDB defined sub-
catchments are included in the analyses. The 20% occurrence requirement returns enough
data points to reasonably estimate the extent of each sampling round with 95% confidence
intervals and constrains the analyses to species well collected by electrofishing. If such a
species is abundant within a site, it is expected to be collected by the electrofishing survey.
Accordingly, if a common species was not collected in a site or sub-catchment, it was either
absent or in low abundance.

The data are assessed at the entire basin scale over 10 sampling rounds. The first
9 years (SRA) of data represent 3 rounds where the entire basin was sampled, whilst the
remaining 8 years (MDBFS) represent 7 entire basin sampling rounds. That is, the first
3 rounds cover 3 years each and the remaining rounds are 1 or 2-year periods.

2.4. Statistical Analyses

The spatial extent index is the weighted average proportion of river kilometres in which
each species was detected during each sampling round and is described in Equation (1).

Iextenti,r =
∑ di[y=1] ,r

∑ dEi [y=1] ,r
(1)

where i = species, r = sampling round, di = river kilometres sampled for species i, y = 1 is
where the species was detected, and dEi(y=1) is the sampled river kilometres where species i
was expected to be detected.

For native species, the denominator of Equation (1) is different for the prevalence anal-
yses (expected river kilometres are constrained to known contemporary river kilometres)
and the historical analyses (expected river kilometres include pre-1980 river kilometres).
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For non-native species, the denominator is set as the entire basin river kilometres sampled
each round.

To estimate trends, the index was estimated for all rounds using a generalised linear
model fitted with a binomial response (species presence = 1, absence = 0) where sites are
random replicates within sub-catchments which are repeated subjects with an independent
correlation structure. Because there are differences in sampling efficiency between species,
the index should be interpreted in a relative, not definitive, manner when comparing
between species.

When graphing trends, the calculated index of extent for prevalence (contemporary
distribution) for native species and overall extent for non-native species was plotted as a
time series with a modelled three-period centred moving average for the index and its 95%
confidence intervals. We assessed monotonic trends in the spatial index for each species
over the 10 sampling rounds using the Kendall rank correlation test. Complex trends were
not tested statistically as there were only 10 sampling rounds, and intervals are not strictly
equidistant given each data points represent a 1, 2, or 3-year cycle. To investigate short or
long-term changes in extent, we performed pairwise comparisons of spatial extent between
every survey round for each species. To moderate the type-1 error rate (n = 45 comparisons
per species), we only reported survey rounds where the comparison is significant at p < 0.01.
To provide a baseline guide for monitoring, we estimated the effect size for the spatial extent
index between survey rounds for each species. We plotted the magnitude of differences in
extent between all sampling rounds with the probability of each difference being significant
and fit a LOESS (locally estimated scatterplot smoothing) line to the plot. We estimated
the effect size as the magnitude of difference between sampling rounds where the LOESS
intersected with the 0.05 level of significance. We have provided a guide to the sensitivity
of the spatial index for monitoring, calculated as the effect size expressed as a percentage
relative to the long-term average. Trends for the historical analyses for native species are
included on the same plots to aid in interpreting status comparison, and we have provided
a summary table of all species extent relative to their historical distribution. All analyses
were performed using SAS/STAT®14.1 [34].

3. Results

3.1. Common Fish Trends in Extent in the MDB (2004 to 2022)

Twenty-two fish species were detected in at least 20% of the MDB sub-catchments
and 21 species were analysed for trends in spatial extent (Table 1). These included 15 na-
tive and 6 non-native species. Obscure galaxias were omitted from the analysis as they
were undescribed at the start of the monitoring program—hence, no historical records.
Non-native and native species are reported separately, and native species are grouped
by life expectancy guild (Table 1) (long, intermediate, and short-lived species) to aid in
interpretation. Short-lived species have life cycles of <3 years, intermediate-lived species
have lifecycles from 3 to 6 years, and long-lived species have life cycles of 6 years or greater.

No species showed statistically significant monotonic trends throughout the 10 sam-
pling rounds (p > 0.05). Golden perch (Macquaria ambigua) tended to show a consistent
increase in spatial extent throughout the study period (Kendall’s Tau = 0.47, p < 0.07),
whereas two-spined blackfish (Gadopsis bispinosa) tended to decrease in extent (Tau = −0.42,
p < 0.09). The effect size for assessing short-term changes in the spatial extent index varied
considerably among species and tended to be smaller in species that were collected more
often (Table 1). Ten of the twenty-one species had effect sizes less than 50% of the long-term
mean, with bony herring (19%), golden perch (24%), and common carp (11%) being the
most sensitive.
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Table 1. Common fish species in the MDBFS/SRA data set between 2004 and 2022. Several Hypseleotris
species were combined for the analyses because of taxonomic resolution differences in the early years
of the monitoring programs, e.g., [35,36]. * Obscure galaxias: Galaxias oliros were not analysed for
trends in spatial extent. The number of sub-catchments collected are cumulative over the 10 sampling
rounds and used for the prevalence analysis. The number of historical sub-catchments expected are
based on [22] and used to estimate overall status compared to historical status for native species. The
effect size of the index is the magnitude of change in contemporary extent between any two sampling
rounds that would be considered statistically significant (p < 0.05). The % change in the index is the
effect size relative to the 20-year average from the current study. na = non-estimable.

Species Common Name Origin Life Guild
Num. Sub-
Catchments

Collected

Num. Sub-
Catchments

Expected

Index
Effect Size

Index %
Change

Gambusia
holbrooki eastern gambusia Non-native Short-lived 60 0 0.17 36%

Cyprinus carpio common carp Non-native Long-lived 54 0 0.09 11%
Retropinna semoni Australian smelt Native Short-lived 51 66 0.23 48%
Carassius auratus goldfish Non-native Long-lived 52 0 0.17 45%

Hypseleotris spp. carp gudgeon
complex Native Short-lived 47 56 0.17 31%

Macquaria
ambigua golden perch Native Long-lived 49 66 0.16 24%

Perca fluviatilis redfin perch Non-native Long-lived 44 0 0.08 61%
Maccullochella

peelii Murray cod Native Long-lived 43 63 0.19 39%

Nematalosa erebi bony herring Native Intermediate-lived 29 49 0.15 19%
Philypnodon
grandiceps

flathead
gudgeon Native Intermediate-lived 22 30 0.24 68%

Tandanus
tandanus

freshwater
catfish Native Long-lived 23 50 0.32 >100%

Galaxias olidus mountain
galaxias Native Intermediate-lived 26 51 0.4 89%

Salmo trutta brown trout Non-native Long-lived 27 0 0.05 75%
Oncorhynchus

mykiss rainbow trout Non-native Intermediate-lived 26 0 0.05 94%

Gadopsis
marmarata

northern river
blackfish Native Intermediate-lived 20 53 0.18 28%

Melanotaenia
fluviatilis

Murray–Darling
rainbowfish Native Short-lived 23 46 0.26 46%

Leiopotherapon
unicolor spangled perch Native Intermediate-lived 23 33 0.28 53%

Bidyanus bidyanus silver perch Native Long-lived 21 51 0.26 >100%
Craterocephalus

stercusmuscarum
fulvus

unspecked
hardyhead Native Short-lived 20 40 na na

Galaxias oliros * obscure galaxias Native Intermediate-lived 21 41 na na

Gadopsis bispinosa two-spined
blackfish Native Intermediate-lived 18 22 0.3 43%

Nannoperca
australis

southern pygmy
perch Native Short-lived 14 36 na na

3.2. Short-Lived Native Fish Species

• Short-lived species all showed high inter-annual variability in their index of contem-
porary spatial extent (Figure 2).

• The carp gudgeon complex (Hypseleotris spp.) was estimated to occur in about 55%
of its current distribution throughout the study, but the year-to-year variability in
extent was high (range from 34% to 66%) (Figure 2a). The contemporary extent of carp
gudgeons in 2010–2013 and 2020/21 was significantly lower compared to all sampling
rounds from 2014 to 2020 (p < 0.01).

• Murray–Darling rainbowfish’s (Melanotaenia fluviatilis) contemporary spatial extent
was also highly variable between rounds (39% to 75%), and no persistent trends were
found. The largest contemporary extent for the species was 75% in 2016/17, which
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was significantly higher than the smallest extents of 2010–2013 and 2016/17 (p < 0.01)
(Figure 2b).

• Southern pygmy perch (Nannoperca australis) decreased from a three-round average
spatial occurrence of 68% at the start of the data set to an average of 53% over the final
three rounds (Figure 2c), but the trend was not statistically significant (p > 0.05). The
lack of significance and low effect size for this species can be partially attributed to
wider confidence intervals because of the low number of sub-catchments that it was
collected in (Table 1).

• Unspecked hardyhead (Craterocephalus stercusmuscarum fulvus) was generally less
variable than the other short-lived species between years (46% to 66%) and averaged a
contemporary extent of 55% for the study period. The effect size was non-estimable.

• Australian smelt’s (Retropinna semoni) contemporary spatial extent was between 37%
and 52% during the first nine sampling rounds but increased to 72% in 2021/22, which
was significantly (p < 0.01) greater than in 2007–2013, 2017/18, or 2019–21 (Figure 2e).

Figure 2. The proportion of contemporary river kilometres inhabited by five common and short-lived
native fish species in the MDB from 2004 to 2022. The dashed line is the estimated proportion of
contemporary river kilometres for each sampling round. The solid line is the 3-round moving average
of occurrence within current river kilometres, and the grey shade indicates the 3-round moving
average 95% confidence interval. The lower dotted line is an estimate of spatial extent relative to the
species’ historical distribution. The proportions are relative to each species’ contemporary or historic
distributions, not the entire MDB.

When considering the overall status estimates compared to historical records (lower
dotted lines on Figure 2), the carp gudgeon complex (Figure 2a) had the highest spatial

179



Fishes 2024, 9, 221

extent, 40–60%, of historical river kilometres compared to the other short-lived species
throughout the study. Southern pygmy perch was regularly only collected in less than 5%
of its historical river kilometres (Figure 2c).

3.3. Intermediate-Lived Native Fish Species

• Bony herring (Nematalosa erebi) had the highest contemporary spatial extent index of all
native species and varied between 62 and 92% between sampling rounds (Figure 3a).
The index achieved 92% in 2016/17 and 2021/22, which was significantly higher
(p < 0.01) than the lower scores in 2017/18 to 2020/21 (Figure 3a).

• Flathead gudgeon (Philypnodon grandiceps) was very consistent in estimated contem-
porary spatial extent, averaging 35% throughout time (Figure 3b).

• Mountain galaxias averaged 45% and its peak extent of 78% in 2014/15 was signifi-
cantly (p < 0.01) greater than that from 2010 to 2013 and in 2021/22 (Figure 3c).

• Northern river blackfish (Gadopsis marmarata) (average 65%) underwent slight but non-
significant declines in their current extent in the last few years of the data (Figure 3d).

• Spangled perch (Leiopotherapon unicolor) was highly variable, occurring in between
21 and 80% of contemporary river kilometres in the study (Figure 3e). It had a
significantly lower extent in 2004–2010 and 2018/19 than in 2019–2020 (p < 0.01) or
2010–2013 and 2021/2022 (p < 0.02).

• Two-spined blackfish (Gadopsis bispinosa) was also relatively consistent in contempo-
rary extent, estimated to occur in ~70% of contemporary river kilometres throughout
the study (Figure 3d). It also underwent slight but non-significant declines in its
current extent in the last four rounds of the study (Figure 3d).

Figure 3. The proportion of contemporary river kilometres inhabited by six common and intermedia-
te-lived native fish species in the MDB from 2004 to 2022. The dashed line is the estimated proportion
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of contemporary river kilometres for each sampling round. The solid line is the 3-round moving
average of occurrence within current river kilometres, and the grey shade indicates the 3-round
moving average 95% confidence interval. The lower dotted line is an estimate of spatial extent relative
to the species’ historical distribution. The proportions are relative to each species’ contemporary or
historic distributions, not the entire MDB.

Compared to historic distributions, bony herring and spangled perch were the most
widespread and were consistently collected in more than 60% and 40% of historical river
kilometres, respectively (Figure 3). The other four intermediate-lived species were collected
in less than 20% of their historical river kilometres, and notably, northern river blackfish and
mountain galaxias were only collected in less than 5% of their historical river kilometres.

3.4. Long-Lived Native Fish Species

• Freshwater catfish (Tandanus tandanus) averaged 29% for the extent index throughout
the study, with occasional dips to 17% and highs up to 51% (Figure 4a). The high
variability between year-to-year estimates of spatial extent was high and the long-term
average was low; consequently, the effect size for this species is more than 100% of the
mean (Table 1).

• The contemporary spatial extent for golden perch averaged 68% and there was a
visible but not significant overall increase in extent throughout the study (Figure 4b).
The extent in 2016/17 (80%) and 2021/22 (84%) was significantly higher (p < 0.01) than
in 2004–2007 (50%), 2007–2010 (61%), and 2017/18 (57%) (Figure 4b).

• Murray cod (Maccullochella peelii) averaged its contemporary distribution at 49% dur-
ing the study (Figure 4c) and was significantly greater in extent (p < 0.01) from 2014 to
2017 than in 2010–2013 and 2018/19 (Figure 4c).

• Silver perch (Bidyanus bidyanus) was consistently low in river kilometres in which it
was collected (average 19%) and had significantly low contemporary spatial extent
from 2019 to 2021 (1%) compared to 2010–2013 (34%) and 2021/22 (32%) (Figure 4d).

Figure 4. The proportion of contemporary river kilometres inhabited by four common and long-lived
native fish species in the MDB from 2004 to 2022. The dashed line is the estimated proportion of
contemporary river kilometres for each sampling round. The solid line is the 3-round moving average
of occurrence within current river kilometres, and the grey shade indicates the 3-round moving
average 95% confidence interval. The lower dotted line is an estimate of spatial extent relative to the
species’ historical distribution. The proportions are relative to each species’ contemporary or historic
distributions, not the entire MDB.
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In comparison with known historical distributions, golden perch was collected in
more than 50% of its historical river kilometres in every round after 2010, and Murray cod
was consistently collected in 40–50% of its river kilometres throughout the 19-year study
period (Figure 4). On the other hand, freshwater catfish and silver perch were only ever
collected in less than 10% of their historic distribution (Figure 4).

3.5. Non-Native Species

• All of the non-native species had consistent extent distribution throughout the study,
as indicated by narrow confidence intervals and smooth trend lines (Figure 5).

• Common carp was the most collected non-native species in the data set and was
estimated to occur in between 74% and 90% of river kilometres throughout the study
period (Figure 5b). Carp showed a consistent but non-significant (p > 0.05) increasing
trend in extent throughout the monitoring period. Nevertheless, the final sampling
round in 2021/2022 (90%) was significantly higher (p < 0.01) than the sampling rounds
in 2004–2007, 2007–2010, and 2014/15 (Figure 5b).

• Eastern gambusia (Gambusia holbrooki) was detected in 60 of the 68 sub-catchments
(Table 1), but it was rarely detected in more than 50% of its river kilometres in any
sampling round and always between 35% and 62% of total river kilometres (Figure 5c).
It was significantly higher (p < 0.01) in 2015/16 and 2016/17 than from 2004 to 2013
and in 2018/19 (Figure 5c).

• Goldfish’s (Carassius auratus) spatial extent had several peaks and troughs between 25%
and 51% and averaged at 38% of its river kilometres throughout all years (Figure 5d).
Goldfish had a significant (p < 0.01) higher extent in 2007–2010 and 2016/17 than in
2014/15 and 2019–21 (Figure 5d).

• Redfin perch (Perca fluviatilis) (max 19%) and both brown and rainbow trout (Salmo
trutta and Oncorhynchus mykiss) (<9%) generally occurred in low MDB river kilometres
throughout the study period (Figure 5a,e,f). Redfin perch had a significantly lower
spatial extent in 2014/15 than in the first and third sampling rounds (Figure 5f).

Figure 5. Cont.
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Figure 5. The proportion of total MDB riverine (>5 GL mean annual flow) river kilometres estimated
to be inhabited by six common non-native fish species in the MDB from 2004 to 2022. The dashed
line is the actual proportion for each sampling round. The solid line is the 3-round moving average
and the grey shade indicates the 3-round moving average 95% confidence interval.

Overall, the non-native species appear stable in their current distributions, with only
eastern gambusia and redfin perch showing some occasional inter-annual variability in
spatial extent. Common carp is clearly the most widespread non-native species, followed
by eastern gambusia and goldfish (Figure 5). Redfin perch and both trout species appear
restricted in their ranges.

3.6. Species Summary of Baseline Assessments and Comparisons

As trends in all native species’ spatial extents generally did not display consistent
change throughout time, we compared their relative estimated average annual spatial
extents during the monitoring program (Table 2). Spangled perch, carp gudgeon complex,
bony herring, and golden perch all have better estimated contemporary distributions rela-
tive to their historical records than the other native species (Table 2). Native species that we
assessed as having some reduction in spatial distribution, but with relatively stable current
distributions, include Murray cod, Australian smelt, and Murray–Darling rainbowfish.
The remaining native species have either (a) substantially reduced distributions, (b) are
not a predominantly riverine species, or (c) are poorly sampled by electrofishing, or a
combination of these factors.

Table 2. The average estimated spatial extent of 21 species in the Murray–Darling Basin between 2004
and 2022 using the SRA/MDBFS data set. The confidence in estimates reflects our perception of the
sampling susceptibility of the species to electrofishing and whether it is predominantly a riverine
species. The average extent for native species is the average percent of the historical (pre-1980) river
kilometres that the species was collected in. For non-native species, the average extent is relative to
the entire 64,000 km of stream kilometres in the sampling frame.

Species
Confidence
in Estimate

Average
Extent (%)

Interpretation of Extent

Native Species—relative to pre-1980 distribution

Short-lived
unspecked hardyhead Medium 21 Substantially declined in riverine habitats.
carp gudgeon complex Medium 48 Widespread and abundant.

Murray–Darling
rainbowfish High 33 Has declined and is now patchily distributed.

southern pygmy perch Low 2 Rare in main channel riverine habitats when using electrofishing.
Australian smelt Medium 36 Widespread and abundant in lowland habitats.
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Table 2. Cont.

Species
Confidence
in Estimate

Average
Extent (%)

Interpretation of Extent

Native Species—relative to pre-1980 distribution

Intermediate-lived
two-spined blackfish High 28 Declined and fragmented distribution.

northern river blackfish Low 5 Declined significantly in larger streams but assessment confounded by
historic taxonomy.

mountain galaxias Medium 6 Greatly reduced, especially in lowland streams or where trout are
present.

spangled perch Medium 48 Widespread in Northern Basin but penetrate Southern Basin rarely.
bony herring High 68 Widespread and abundant.

flathead gudgeon Low 17 Poorly sampled in riverine habitats by using electrofishing.
Long-lived

Murray cod High 35 Has declined but widely distributed. Stocked
golden perch High 56 Remain widespread in lowlands. Declined in uplands. Stocked.

freshwater catfish Medium 10 Substantially declined in riverine habitats.
silver perch Medium 5 Substantially declined in riverine habitats. Stocked

Non-Native Species—relative to all MDB riverine habitats

Short-lived
eastern gambusia Medium 48 Successful invader. Widely distributed.

Intermediate-lived
goldfish High 38 Successful invader in lowland rivers and some slope regions.

rainbow trout High 5 Distributed widely in cool upland streams. Stocked.
Long-lived

common carp High 81 Highly successful and widely distributed.
redfin perch High 13 Absent from warmer waters in Northern MDB.
brown trout High 7 Widely distributed but restricted to cool upland streams. Stocked.

Of the non-native species, common carp are clearly the most successful invader
and have a wider distribution than any native fish (Table 2). Eastern gambusia is also
widespread, but not as well sampled by electrofishing and therefore does not demonstrate
as wide a distribution as carp. Goldfish are widespread but less so than carp. The other
three non-native species have restricted distributions in comparison (Table 2).

4. Discussion

4.1. Summary

The recognition of severely degraded native fish populations in Australia’s Murray–Darling
Basin in the early 2000’s led to the setting up of a monitoring program to assess long-term
cumulative changes in riverine fish populations at the entire MDB scale [4]. We used these
large-scale data to investigate early 21st century trends in the spatial extent of 15 common
native and 6 non-native riverine fish species. We found several common riverine native
species displayed short-term fluctuations in extent of occurrence at the entire basin scale,
but most species remained relatively stable in their contemporary distribution. All native
species were collected in fewer sub-catchments compared to their pre-1980 distribution.
Three non-native species—common carp, eastern gambusia, and goldfish—occurred in
more sub-catchments than any single native species, but all also showed no consistent
change in spatial distribution during the study period.

4.2. Species Trends

Short-lived native species generally had wider confidence intervals in their trend
estimates, reflecting high year-to-year variability in their distributions, which likely re-
sulted from their short life cycles, electrofishing sampling relative inefficiency, and a faster
response to varying environmental conditions. Some smaller-bodied fish can be poorly
sampled through electrofishing. Relevant to this study, carp gudgeons (CG) and flathead
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gudgeons (FHG) were poorly sampled in the pilot SRA (2004) where they were collected
through electrofishing in 22 of 49 and 3 of 10 sites that they were known to occur in, respec-
tively [19]. Southern pygmy perch (SPP) has an unknown susceptibility to electrofishing
and is a cryptic species that favours non-riverine and/or densely vegetated habitats, and
the results are treated cautiously in this riverine study. Even if there is higher sampling
variability for these short-lived species, trends in estimated extent are assumed to reflect
changes in actual extent, even if the extent estimates are conservative (less than actual).
That is, after 10 sampling rounds, we believe that changes in estimated extent throughout
time reflect true changes in extent and note that the assessments will be better understood
as more years are sampled.

Carp gudgeons (CGs) are one of the most widespread and abundant taxa in the MDB
and were detected in 47 of their 56 known historical sub-catchments. Only bony herring had
more individual fish collected in the entire data set. Overall, we estimated that CG occurs
in an average of 48% of their historic distribution in any sampling round, and because they
are probably poorly sampled by electrofishing, this is quite a conservative estimate.

At the entire MDB extent, we estimated flathead gudgeon’s (FHG) current extent to
be at less than 20% of its historic distribution. Although our estimate is likely to be quite
conservative, it was also collected in low numbers using the multiple gear types of the
NSW Rivers Survey in the 1990s [37]. FHG may be recovering in some catchments [22], but
confirmation of improved population status requires more targeted or flexible sampling [38]
than the current data set.

Small-bodied species that were well-detected through electrofishing as compared
to other methods in riverine habitats in the pilot SRA in 2004 include eastern gambusia
(collected through electrofishing in 26 of 29 sites), Australian smelt (43 of 47), mountain
galaxias (12 of 15), unspecked hardyhead (16 of 21), and Murray–Darling rainbowfish
(28 of 28) [19]. The pilot was conducted in dry antecedent conditions and these species
may be less well-sampled under higher antecedent flow conditions. Even so, we maintain
confidence in comparing relative extent between these small-bodied species.

Mountain galaxias was deemed to have a very low overall occurrence (<7% of river
kilometres) relative to its known historical distribution, even though this species is known to
be widespread [22]. The very low historical extent estimate may reflect lower detectability
of this small species using electrofishing in lowland rivers, which have the most river
kilometres in the sampling frame. In upland sites, mountain galaxias, along with other
small species, is known to be particularly susceptible to predation by species such as trout
and redfin [39,40]. Other factors affecting its local abundance include drought and climate
change [41].

Estimates of spatial extent for spangled perch were the most variable of all common
species, but the species was found in up to 80% and 75% of its contemporary distribution in
the final two rounds. This increase could be associated with the species’ ability to rapidly
colonise new areas following rainfall [42]. The species is common in the warmer, northern
MDB and individuals have occasionally been recorded in the cooler Murray River system
(Southern MDB) after extensive flooding in the northern Darling catchment [42], but they
have not persisted in the Murray River.

Northern river blackfish’s contemporary extent appears stable; however, the species is
extremely sparsely distributed relative to its historical distribution. There is a possibility
that some of the southern historic records refer to two-spined blackfish prior to its recogni-
tion and description in 1984 [43], but the two taxa prefer significantly different habitats [22]
and potential confusion is minimal. Nevertheless, anecdotally, the species has disappeared
from many the larger streams that are more impaired by river regulation, barriers, and
coldwater pollution. There is real concern for MDB blackfish population persistence [44,45].

Golden perch and Murray cod are subject to both hatchery stocking and recreational
harvest [46]. Golden perch is a highly mobile species, operating across large riverscapes
over its life cycle, showing fast responses to extensive flooding events [47], and being
collected more frequently when the sampling site had above average flows in the 3 months
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to 3 years prior to sampling [19]. Murray cod showed a decline in the estimated spatial
extent in the third sampling round, from 2010 to 2013, but was very steady from 2014
onwards. The patterns observed in these two species using our extent index are consistent
with recent population abundance estimates [20] that assessed data from multiple research
programs within NSW only (including sites outside the MDB). These combined results
point to a recovery in distribution for Murray cod after the 1990s [20,46]. The general trends
for Murray cod, golden perch, and Murray–Darling rainbowfish were also similar to those
recently predicted using population models in the southern portion of the MDB [48].

Freshwater catfish’s overall spatial distribution remained fairly constant compared to
its historic levels. In contrast, this species was found to be decreasing in average fish size
and increasing in abundance from the 1990s through to the present by [20].

Silver perch was widespread historically but had declined over most of its range prior
to the 1990s [22]. This highly mobile species has been badly affected by river regulation [49]
as it relies on long stretches of river uninterrupted by weirs to maintain successful recruit-
ment [50]. Only 9 silver perch were recorded using multiple sampling gear types in a
two-year survey of 40 randomly selected sites in the NSW MDB in the mid-1990s [37].
In the SRA/MDBFS data sets, it was detected in just 21 sub-catchments across the entire
19 years, but typically only in about 20% of these in any sampling round. Compared to
its historical distribution of 51 sub-catchments, it was collected in less than 10% of its
historic spatial extent and in very low numbers in the northern MDB. We consider it the
large-bodied native species in poorest condition relative to historical extent and it is listed
as critically endangered nationally [51].

Common carp was the most frequent non-native species and estimated to occur in
~80% of MDB river kilometres. It was consistently widely distributed and was slightly
more widespread in the most recent three sampling rounds compared to the first three
rounds. Carp is more frequently collected when the preceding 3 months’ or 3 years’ flow
levels are higher than average [19] and may be particularly more successful than the other
non-native species because its populations respond to overbank flows and are favoured
by some current water management practices [52,53]. The trend lines for the spatial extent
indices for carp and golden perch were very similar, with both species generally increasing
in extent throughout the study period but suffering slight decreases in 2014 and 2019. We
suggest that this is because these two species respond in a similar fashion to flood events
and flow in general, which can both operate at a basin-wide scale.

Eastern gambusia’s extent fluctuated throughout, but it is still considered a very
successful invader, occurring in ~48% of river kilometres on average in our data sets. It
does not migrate and is a weak swimmer, relying on flooding, drift, and rapid breeding for
range expansion. This small-bodied species is more likely to be collected when the site has
low flow [19], presumably as it is more concentrated within the site and the water has lower
turbidity. When present, it can be locally abundant and may be reasonably well collected
through electrofishing for a small-bodied species, especially in small streams. However,
anecdotally, we feel that this current spatial estimate is low because it was collected in more
sub-catchments than any other species. Non-detections in some large lowland streams
using large boat electrofishing gear may be spurious because of its habit of occupying
shallow, shoreline vegetated areas. This species is a successful invader as it is tolerant to a
wide range of water temperatures, oxygen levels, salinities, and turbidities (e.g., [54–56]).
Its local abundance declines in the winter seasons in cooler parts of the basin.

Goldfish and redfin perch were less widely distributed and their spatial extent in
the MDB have remained relatively constant throughout the first 20 years of this century.
Both trout species are also stable in extent and are likely limited by their low tolerance to
high water temperatures [22], occurring mostly in upland and montane streams. Hence,
they are unlikely to expand their distribution from their current extent naturally because
of increased temperatures and reduced water availability in the MDB through climate
change [10]. Nevertheless, both species are stocked and could be translocated to new
catchments by angler groups.
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4.3. Surveillance Monitoring Returns Coarse Assessments

Not all MDB fish species were included in the analyses because small-order streams
(<5 GL average annual flow), floodplains, and wetlands were not sampled, and rare, cryptic,
and/or threatened species are not well assessed by generic monitoring methods. There are
64,000 km of riverine streams in the sampling frame, and when assessing species status and
trends in fish species across the whole MDB, by necessity, generalisations must be made.
The restrictions on stream size and the coarse sampling method lend themselves to sampling
common riverine species, which may select many species likely to be more adaptable to
environmental change and habitat degradation and hence show smaller changes in trends
throughout time. They are, however, also likely to be impaired by spatially extensive events,
such as the drying of waterways under the expected higher frequency of extreme events
predicted from climate heating, and therefore provide important data on broader extents.
Furthermore, multiple common riverine species included here, i.e., Murray cod, golden
perch, common carp, silver perch, and river blackfish, have been the target of multiple
interventions during the past 20 years [18,28] and their spatially extensive change is of
interest. Given the widespread degradation of the MDB (and many other river basins
worldwide), together with investments in rehabilitation activities, data sets and analyses
such as the ones used in this study provide important baselines from which to measure
improvements or further declines.

On the other hand, many native fish species in Australia have evolved to respond to
‘boom and bust’ climate fluctuations (e.g., [57]) and are known responders to rapid changes
in habitat. In this study, we include several species known to expand in distribution via
dispersal and spawning following flood events (e.g., [3,58]), but these expansions typically
occur at finer scales such as in reaches or sub-catchments. We suggest that common carp
and golden perch trends in spatial extent are similar in our study because they respond
in a similar manner to flow events at any spatial extent. Inevitably, when looking at
spatial patterns and temporal trends both within and among species at the basin scale,
there are complex and intricate influencing factors that may be considered, but most are
beyond the scope of this paper. The data collected here are not aimed toward identifying
causes of change but merely to identify short-term and long-term trends and overall
patterns. The lack of detection of sustained long-term change in extent for common riverine
species at the MDB scale only means that the cumulative effect of multiple small-scale
management interventions or local impacts are not yet discernible at this extent for those
species. Assessment of finer-extent objectives requires targeted follow-up surveys for
specific species at finer spatial scales.

4.4. Factors That Can Influence Population Extent at a Larger Scale

Apart from the cumulative effect of local-scale interventions, factors that can influence
fish populations at the entire basin scale are typically climate- and flow-related. The MDB
is a highly variable, semi-arid environment that can exhibit extremes in environmental
conditions, especially flow rates and water quality. For example, the Millenium Drought
of 1997–2010 [59] had significant impacts on freshwater fish populations and their habi-
tats [60], including major fish kills and deteriorated wetland extent/quality affecting many
species [12]. The sampling frame for the current data sets attempts to lessen drought
influences on the collection of data by restricting sampling to permanent streams. But fish
assemblages in these streams remain affected by climate change, reduced connectivity, fish
kills, and changes in water quality well after such events. Alternately, high-flow years
provide reproductive and relocation opportunities for many flow-responsive species such
as golden and spangled perches [42] and common carp. Climate change is likely to exacer-
bate flood and drought frequencies and magnitudes [9,41,61], and there is need for future
management adaptation and ongoing monitoring [11]. This highlights the need to consider
scale, environment, and sampling conditions, as well as the ecology of individual species
when interpreting survey results.
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Given the size of the MDB, spatially extensive scale assessments are subject to spatial–en-
vironmental variations, and in some cases further, finer-scale (e.g., river reach) or targeted,
individual species analyses over smaller distributions (e.g., for trout cod Maccullochella
maquariensis) [62] may be needed. This may apply, in particular, in relation to assessing
rehabilitation projects that may have been conducted, or for range-limited and fragmented
rare or threatened taxa. For example, such studies may be needed for assessing the
distribution of migratory or highly mobile species following the installation of fishways
(see [63]).

We recognise that the methods used for general, spatially extensive condition mon-
itoring may not be equally applicable to all species or habitats [31,33,64]. The sampling
methods used here were designed to be consistent over large spatial extents (in this case,
1 M km2) and to assess river kilometres, not individual fish species or fish populations.
These monitoring programs are early-warning, surveillance-type programs, where there
is no attempt to associate assessments to individual stressors or management actions [4].
Consequently, the methodology allows for the assessments to be representative at the
MDB scale, but simultaneously, the interpretation of assessments is complex and subject
to many confounding factors. Species extent estimations may vary throughout time for
two reasons: (1) changes in each species true extent throughout time and (2) changes in
factors that affect the calculations. Factors that could affect the true extent of each species
include climatic (wet and dry years affecting flow levels), extreme event (bushfires), fishery
management (stocking, harvest seasons, slot sizes, etc.), riverscape management (e.g., con-
nectivity, habitat enhancement, or degradation) (e.g., [15,65–68]), and competition with
non-native species [69]. Factors that could affect the extent estimates for each species
include differences in susceptibility to electrofishing among species or different size classes
(e.g., [31,64,70,71]), or antecedent conditions that influence sampling efficiency [31]. These
sampling efficiency factors are of little concern with a long-term data set, however, because
they do not create a bias in the trend assessments within a species or size class; (1) sus-
ceptibility to electrofishing between sizes and species remains constant—the assessments
throughout time remain relative to each species, and (2) conditions also do not create a bias
as they affect all species or surveys randomly across the 20 years and at the same time. In
brief, a widespread, impaired sampling effect would potentially produce similar patterns
in trends or changes in extent among multiple species, and this did not occur.

We acknowledge that finer-extent sampling is required to interpret finer-extent re-
sponses such as individual management actions or local climatic events. Conversely, it
is clear that no common riverine species increased or decreased in its basin-wide spatial
extent for a prolonged period during the study period.

5. Conclusions

We found no significant consistent trend or sustained long-term change in the spatial
extent of any common riverine fish species in the entire MDB between 2004 and 2022.
We believe this is a clear indication that any changes in common riverine fish species
distribution are not occurring at the basin scale or for sustained periods of time.

It is important to note that these data come only from the past 20 years. The decline
in many popular and well-known MDB fish species occurred well before this time period,
1950s for golden perch [72] and circa 1900 for Murray cod [73], providing an important
example of the trap of ‘shifting baselines’ [74]. In that context, it should be recognised
that populations and distributions of MDB native fishes were once much greater and
more widespread than they are now, but we provide valuable, contemporary data over
two decades for comparison with future monitoring of riverine native and non-native
species via electrofishing. Across the 21 species, there were considerable differences in
the variability of assessments. Species that we identified as having effect sizes > 50% of
the mean should be subjected to increased sampling efforts if monitoring for changes in
their extent becomes a priority. This should be expected for any monitoring program
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across multiple species and reinforces the need for long-term data sets to allow for a better
understanding of inherent variability, in our case, in short-lived species especially.

Our results also highlight the challenges of variable population responses in highly
variable environments across a large spatial scale. The detection of significant trends in
highly variable ecosystems requires long-term data sets, and additional years of sampling
and interpretation will add value to the existing data sets. This first 20 years of surveillance
monitoring data have provided a valuable contribution to the assessment of the contempo-
rary spatial extent of native and non-native fish populations in the MDB and have provided
a baseline from which changes in the status of fishes, their protection, and population
recovery or decline can occur. This is pertinent to river basins worldwide in the face of
changes in hydrological regimes from climate change. The data sets use a well-designed
probabilistic sample and, as such, can readily be supplemented with data collected as part
of targeted monitoring programs (e.g., [75]). For example, targeted sampling (e.g., from
wetland habitats, small streams, cryptic or rare species) that is informed by the ecology
of each fish species may also improve the data sets. Similarly, the inclusion of other pa-
rameters that may be useful for management, such as indicators of population dynamics
(reproduction, recruitment, disease prevalence, intensity, etc.) and being more predictive
using population modelling (e.g., [76]), will add value.

These data and their analyses provide an important step forward to improving the
management of native fishes of the MDB in Australia. The importance of long-term
monitoring to guide and evaluate the benefits from the implementation of major water
reforms under the Murray–Darling Basin Plan is essential. As many river basins throughout
the world are under threat and have similarly reduced fish populations to the MDB,
this approach is applicable to many river basins globally. Ongoing spatially extensive
monitoring is also important to identify the occurrence and potential expansion of new
non-native species, (e.g., oriental weatherloach Misgurnus anguillicaudatus) or to detect
new incursions, especially by Tilapia species that currently occur in catchments close to the
northern MDB [77].
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Abstract: Fish behavior often varies across a species’ distribution range. Documenting how behaviors
vary at fringes in comparison to core habitats is key to understanding the impact of environmental
variation and the evolution of local adaptations. Here, we studied the behavior of Wels catfish
(Silurus glanis) in Lake Möckeln, Sweden, which represent a European northern fringe population.
Adult individuals (101–195 cm, N = 55) were caught and externally marked with data storage tags
(DSTs). Fifteen DSTs were recovered a year after tagging, of which 11 tags contained long-term
high-resolution behavioral data on the use of vertical (depth) and thermal habitats. This showed that
the catfish already became active in late winter (<5 ◦C) and displayed nocturnal activity primarily
during summer and late autumn. The latter included a transition from the bottom to the surface layer
at dusk, continuous and high activity close to the surface during the night, and then descent back
to deeper water at dawn. During the daytime, the catfish were mainly inactive in the bottom layer.
These behaviors contrast with what is documented in conspecifics from the core distribution area,
perhaps reflecting adaptive strategies to cope with lower temperatures and shorter summers.

Keywords: peripheral population; Siluriformes; behavior; data storage tags; biologgers; apex
predator; freshwater

Key Contribution: Adult Wels catfish in a northern fringe population exhibit distinct behavior
compared to those in core habitats in Europe. Unexpectedly, the catfish did not seek the warmest
habitats in the lake, which may reflect adaptations to the colder climate.

1. Introduction

Fish in lakes and rivers at high latitudes must cope not only with short summers
but also with low winter temperatures, low light levels, and the formation of ice. Several
species have adapted to these conditions, although some are regarded as warm-water fishes
and are limited in foraging activity, growth, and reproduction by the low temperatures [1,2].
One such species is the Wels catfish (Silurus glanis, hereafter “catfish”), which is a relic
from warm postglacial times in temperate ecosystems and naturally inhabits only three
water systems in northern Europe, namely those in southern Sweden. Because the core
distribution area for catfish is found in eastern, central, and southern Europe, these Swedish
populations have been isolated for a long time [3]. Whether these isolated populations have
adapted to the low temperatures or how their activity is affected by these cold conditions
remain unknown.

Movement behavior allows fish to adjust to environmental changes and disturbances,
as well as intra- and interspecific competition [4,5]. This includes fundamental abilities
such as feeding, breeding, and predator avoidance [6], which govern fitness [7]. During
climate change, movement can also be of vital importance for coping with unfavorable
temperatures. The movement behavior of fish is consequently adapted to patterns of
environmental variation at different temporal scales (i.e., seasonal or daily) that optimize

Fishes 2024, 9, 280. https://doi.org/10.3390/fishes9070280 https://www.mdpi.com/journal/fishes193



Fishes 2024, 9, 280

growth, reproductive output, and survival [7–10]. The most prominent temporal pattern is
the earth’s 24 h rotation around its own axis making up day (light) and night (dark). Many
biological and environmental patterns are linked to this diel rhythm, such as temperature,
light, food availability, and migration. To be able to anticipate and prepare for rhythmic
events, organisms are controlled by a biological clock to “be on time”.

Biological clocks are controlled and adjusted by different factors. The most important
factor is considered to be photoperiod [8,11], but temperatures [12] and access to food also
help synchronize biological rhythms in both fishes and mammals [13–15]. The diel activity
rhythm (diurnal, crepuscular, or nocturnal) in animals is species-specific but may also differ
within species due to age, size, or social status [9,10]. Further, activity rhythms are not fixed
but plastic, and individuals may change their rhythms over seasons, with food availability,
habitats, or other environmental parameters [8,13,14,16].

In fish species like catfish, particularly for native Swedish populations, there are knowl-
edge gaps regarding rhythms in movement and behavioral patterns on yearly and daily
bases. Catfish are the largest freshwater fish in Europe. The species is well-documented
to reach lengths of 2.7 m and weights of 130 kg in Europe [17], and rumored to reach
very large sizes (length of 5 m). Catfish are apex predators with a varied diet and ability
to adapt to new food resources [2,18–22]. There are several studies investigating various
spatiotemporal behavioral patterns of catfish in Europe. Juvenile catfish have been shown
to prefer nocturnal feeding in laboratory experiments, especially when in groups [13,23].
In the wild, results are varied, but a nocturnal predilection has been shown that varies
over seasons and locations. For instance, juvenile catfish exhibited strict nocturnal patterns
during spring, summer, and autumn in a Czech lake [24]. Another study of both juvenile
and adult catfish found diurnal activity during winter and spring, all-hours activity during
summer, and then nocturnal activity during autumn [25]. A recent radiotelemetry study in
River Po, Italy also indicated increased nocturnal and movement activity during spring and
summer compared to the rest of the year [26–28]. However, tracking energy usage patterns
showed no consistent, detectable relation to the diurnal cycle [29]. In the Římov Reservoir,
catfish were observed shifting from deeper waters during periods with low temperatures
to shallower waters in warmer seasons. Additionally, they displayed activity peaks during
both cold and warm seasons [28]. Disregarding the time of day, several studies agree that
catfish movements and activity increase with increasing temperature [24,25,30].

Few previous studies of catfish ecology have examined movement patterns in native
wild populations using a high frequency of measurements throughout the year. The aim of
this study was to investigate yearly and daily activity patterns in catfish in Lake Möckeln,
which is a northern fringe habitat in Sweden where catfish have been isolated from the
main distribution area since the warmer postglacial era 9500–8000 years ago. This isolation
has led to distinct genetic differences for catfish in Lake Möckeln compared to populations
in southern and central Europe [31,32]. Here, we aimed to increase our understanding of
whether this northern fringe population of catfish displays different seasonal and daily
activity patterns compared to those documented in the core distribution area, thus reflecting
latitudinal variation in temperature and light conditions. We hypothesized that we would
see strict nocturnal activity and minimal diurnal activity over the seasons. Secondly, we
expected to see long periods of low activity during the months with low temperatures
(November–April), and activity peaking during summer (June–July) when the temperature
was highest. Particular interest centered around the onset of activity in spring and the
activity patterns during catfish spawning season.

2. Materials and Methods

2.1. Study Area

This study was conducted in Lake Möckeln (56◦39′48.9′′ N 14◦8′57.7′′ E), situated
in the upper part of the Helge River system in southern Sweden. Helge River harbors
one of three native populations of catfish in Sweden, with a population size of 720 ± 80
mature individuals [33]. Lake Möckeln has an area of 46 km2 and a mean depth of 3 m
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with a maximal depth of 12 m. The lake is a mesotrophic (Tot-P 23 ug/L [34]), brown
water (130 mg Pt/L [34]) lake with an annual mean temperature of 9.4 ◦C [34] (1982–2020).
Other fish predators present in the lake are pike (Esox lucius), perch (Perca fluviatilis), and
pikeperch (Sander lucioperca), whereas the main prey species are roach (Rutilus rutilus),
bream (Abramis brama), zope (Abramis ballerus), and silverbream (Blicca bjoerkna).

2.2. Fishing and Tagging

Fishing was conducted with longlines in the deepest part of the lake (12 m depth), with
the objective of capturing and equipping adult catfish (>100 cm) with data storage tags (DST
G5, and G5 PDST, Cefas, Suffolk, UK) to record the depth (every minute) and temperature
(every 5 min). Longlines consisted of a floating mainline (400 m) with monofilament
(1.2 mm) leaders (1–1.5 m) attached every 10–20 m [35]. Leaders were fitted with single
treble hooks and baited with native cyprinids. After capture, a DST was attached to the
catfish using a braided fishing line (0.35 mm) tied around the base of the first fin ray of the
pectoral fin. During August 2018, catfish (N = 20, size range 105–195 cm) were captured
and fitted with G5 PDSTs (pop-ups) that were programmed to release after one year.
Additionally, another 35 catfish were tagged in August 2019 (size range 101–167 cm) with a
combination of both a G5 DST and a radio transmitter (transmitter F1580, ATS, Isanti, MN,
USA) to facilitate recovery of the tags. In addition, all individuals were measured to the
nearest cm (total length) and weighed to the closest 0.1 kg (Berkley 50lbs/22 kg, Columbia,
SC, USA or Steinberg Systems SBS-KW-300/100-O, Berlin, Germany). A passive integrated
transponder (PIT, Biomark, Boise, Idaho, USA, 23 mm HDX) was also injected into the
pelvic girdle, or the abdominal cavity, to allow identification of recaptures regardless of
whether the DST stayed attached.

Several searches for detached DSTs were conducted in Lake Möckeln and adjacent
streams (2019, 2020), with the aid of a radio receiver (ATS, Isanti, MN, USA, R410) and
antenna (ATS, Isanti, MN, USA, 5 element Yagi). Data from all recovered DSTs were initially
checked by plotting both depth and temperature against time to determine when the DST
had detached from the catfish. The DST was determined to be free-floating when the depth
was constant (at the water surface) and showed no further amplitude changes, and the
temperature showed indications of being affected by direct sunlight through sharp peaks
during the daytime.

2.3. Estimates of Daylength

Seasonal patterns of daylength in the study area were based on photo-active radiation
(PAR) data downloaded from the STRÅNG archive (Swedish Meteorological and Hydrolog-
ical Institute, SMHI, Norrköping, Sweden), covering the period 1 August 2018–1 September
2020 (https://strang.smhi.se, accessed on 5 October 2022). STRÅNG provides hourly
estimates of several radiation parameters each day of the year. Here, we defined PAR > 0 as
day and PAR = 0 as night, resulting in a daylength varying between 7 and 17 h throughout
the year.

2.4. Data Handling and Statistical Analysis

To estimate catfish activity, we utilized information about vertical movement (i.e., ver-
tical activity) by calculating the delta values of depth (m) between each timestamp (every
minute). To assess seasonal and circadian patterns in activity, we calculated the mean delta
values per month (from m/min, Figure 1A) and hour of each day (i.e., 00-23, henceforth
TOD), respectively. The calculations were carried out for each catfish.
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Figure 1. (A) The monthly vertical activity of catfish measured as delta values of depth change
per time unit (m/min, recorded by DST). The boxes show the average activity for the 15 catfish.
(B) The monthly mean water temperature recorded by DSTs in ◦C for the catfish (n = 15). Box-plot
elements: center line: median; box limits: upper and lower quartiles; whiskers: 1.5× interquartile
range; dots: outliers.

To visually explore seasonal patterns in daily activity (i.e., circadian rhythm), we
plotted mean activity per hour of the day by calculating a monthly mean activity per TOD
(Figure 2). Visual inspections of plots indicated that activity generally peaked at night
(Figure 2). Consequently, we hypothesized that the circadian rhythm could be described
with a cosine function peaking in activity at night. The cosine function to model circadian
activity patterns was specified as follows: circadian rhythm = cos(2πt/τ), where t is the
time variable (TOD) and τ is the period of a cycle (i.e., 24 h). To investigate whether this
variable could describe the hourly activity patterns (calculated for each individual and
day), we performed a generalized linear mixed model (GLMM) with gamma distribution
and a log-link function. Circadian rhythm and month were included as fixed explanatory
variables with an interaction between them, and an individual was included as a random
factor. This was performed with glmer in the lme4 package (v1.1-30) [36]. For this analysis,
we added a constant (1) to the response variable because observations of zero activity
cannot be used with gamma distribution [37].

Due to a significant interaction effect between the circadian rhythm and month, we
analyzed each month separately using paired t-tests to evaluate if there were any significant
differences in activity between hours categorized as night or day. Due to multiple testing,
p-values were adjusted with the Bonferroni method in the p.adjust function in R. All data
handling, statistical analysis, and graphics were performed with R (v. 4.2) [38] and RStudio
(v2022.07.2) [39] using packages like dplyr (v1.0.10), ggplot2 (v3.3.6), ggpubr (v0.4.0), and
lubridate (v1.8.0) [40–43]. Data and R-scripts are available in the Supplementary Materials
(https://doi.org/10.5061/dryad.nk98sf82f).
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Figure 2. Vertical activity for catfish (delta values of depth m/min) per hour of the day for each
month. Values plotted are a monthly average in activity for every individual and TOD (n ≤ 15 values
per box). Box-plot elements: center line: median; box limits: upper and lower quartiles; whiskers:
1.5× interquartile range; dots: outliers.

3. Results

During 2018, catfish were tagged (N = 20) with a G5 PDST, and two of those loggers were
recovered in 2019, which contained data for 260 days/individual. During the second tagging
event in 2019, G5 DSTs with an attached radio transmitter were attached to catfish (n = 35),
and 13 were recovered in 2020. In total, tags from 15 individuals (length 101 to 155 cm; seven
males, six females, and two unidentified) were recovered containing temperature and depth
data from 22 to 364 days. The recovery of pop-up DSTs was 10% after the first year, and the
recovery of tags increased to 37% the second year after adding a radio transmitter. Of the
15 tags that were reclaimed, 11 tags represented data from a time span longer than 300 days
while four DSTs contained less than one month of data.

The DST data showed marked variations in activity of the catfish during a full year.
The mean vertical activity (delta values for depth changes) per individual and month,
together with the ambient temperature experienced by the catfish, brought forth yearly
activity patterns (Figure 1). High activity (0.198 to 0.162 m/min averaged per month) was
recorded during the summer from July to August when water temperatures were about
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20 ◦C. High activity (0.167 m/min) was maintained throughout September although the
water temperatures decreased to 15 ◦C. The water temperatures (falling from 10 to 5 ◦C) and
activity then decreased from October to November, from 0.140 to 0.087 m/min per month.
During midwinter, in December and January, the catfish were inactive (0.050–0.041 m/min).
Activity then continuously increased from February to April, starting at a water temperature
<5 ◦C, from 0.083 to 0.108 m/min per month. In May, activity decreased to 0.085 m/min
with increasing water temperatures but increased again to 0.138 m/min during June.

The GLMM revealed that catfish daily activity patterns varied across the year (the effect
of interaction between the circadian rhythm and month: χ2 = 2236.2, df = 11, p < 0.0001;
Figure 2). Pairwise comparisons between day and night, repeated for every month, showed
that the catfish were significantly more active during the night compared to the day (when
the length of day varied between 7 and 17 h) during the months of February–March and
July–October (paired t-test, p < 0.05; Figure 3). From April to June, however, no differences
in activity between night and day were recorded. In December and January, when the
catfish were passive, no diurnal activity occurred. However, as overall activity increased in
the following months, a pattern of higher activity during the night and lower during the
day emerged. This pattern of high night activity then became more pronounced during
July–October (p < 0.01), but the pattern disappeared in November (not significant).

Figure 3. Monthly vertical activity (means) for catfish during the day versus night for the year. The
length of day varied between 7 and 17 h for the full year. p-values from paired t-tests were adjusted
with the Bonferroni method. Error bars denote 95% confidence intervals. * denotes statistically
significant values.

The high nocturnal activity from summer to autumn coincided with a diurnal activity
pattern exemplified in Figure 4. During the day, the catfish were passive in the bottom
habitat of the deeper part of the lake (Figure 5). At dusk, the catfish started to move and
ascended quickly from the bottom (within minutes) to the surface water. During the night,
activity was high with movements up and down at a scale of a few meters, whereas at dawn,
the catfish returned to the bottom water. There were no indications of long horizontal
movements, e.g., to the shallow littoral habitats (a few hundred meters from the deep part
of the lake), which would have been recorded on a DST as a continuous decrease in depth
over a longer time span.
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Figure 4. A representative example of the diurnal behavior of one adult catfish (male, length 155 cm,
weight 19.9 kg) during the warmer parts of the year (here, in October). Grey areas indicate night hours,
whereas white areas indicate hours of daylight. For this specific period, the daylength was 10 h.

Figure 5. Boxplot showing daily depth magnitude of catfish plotted for each month (summarized for
N = 15 individuals). Box-plot elements: center line: median; box limits: upper and lower quartiles;
whiskers: 1.5× interquartile range; dots: outliers.
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4. Discussion

4.1. Daily Activity

Catfish in the core distribution area of central and southern Europe are known to
display a circadian rhythm, with night activity and day resting being the predominant
pattern, although this may vary across seasons and locations [24–26,44]. We found a similar
behavior in this northern population for parts of the year. In late fall and early winter
(November to January), the overall activity of catfish was low with no differences registered
between night and day. In February, a significant circadian rhythm could already be
distinguished, and the pattern continued throughout March. From April to June, however,
no differences in activity between night and day were recorded. The spring period was
characterized by increasing water temperatures in the lake and increasing day length (from
13 to 17 h).

A general and daily behavior of adult catfish was evident from July until the end
of October: an ascension from the bottom to surface water at dusk, continuous and high
activity during night, and descension back to bottom water layers at dawn. Those activity
periods were often initiated with an extensive vertical migration of 6–8 m followed by
high activity of minor vertical movements in surface waters. During the daytime, the
catfish were mainly inactive in the bottom layer. This behavior was repeated over longer
time periods, and occasionally interrupted by inactive periods during the night. High
activity thus occurred during the night (darkness) for the period July–October. It has been
shown experimentally that Wels catfish use the lateral line to detect and pursue prey [45,46].
Swimming by prey creates water movements that remain briefly in the water. These “wakes”
are detected by catfish; the prey is then followed and attacked [45,46]. This predation
behavior is disturbed by obstacles in the water, e.g., bottom vegetation, stones, or sunken
trees. Consequently, catfish most likely hunt and forage in the open water column where
prey, such as zooplanktivorous zopes and other cyprinids, can be detected by the lateral
line. We, therefore, suggest that the observed movement of adult catfish from the bottom up
toward the surface at dusk reflects their main foraging behavior during the warmer season.
The fast ascension that was followed by high activity at night in the presumed open water
column for several hours, along with the continued high frequency of vertical movement
of a lower magnitude, is a behavior that we interpreted as prey search and/or hunting. At
dawn, the catfish returned to deeper water near the bottom and remained inactive until the
next foraging cycle was initiated the following night. This detailed activity pattern has not
been shown for catfish in their central distribution area. During no part of the year were
catfish in this northern fringe population more active by day than night; the latter behavior
being reported for winter and spring in River Berounka in the Czech Republic [25]. Such
differences in behavior may stem from differences in foraging strategies, which could be
linked to variations in prey type and behavior. Alternatively, these discrepancies might
represent different adaptations to competing needs, like behavioral thermoregulation,
foraging, and predator avoidance. The isolated Swedish population under study has long
been separated from the core distribution area [3] and is genetically differentiated from other
European populations [31,32]. This genetic divergence raises the possibility of adaptations
to the colder climate, potentially influencing behaviors and physiological functions.

4.2. Seasonal Activity

The highest activity during the year, and thus the most pronounced foraging, oc-
curred in warm summer months and early autumn (July to October). The warmest period,
however, was June when the catfish showed considerably lower activity than in July. Be-
cause the lower activity in June was preceded by even lower activity in May, this may
indicate a pre-spawning and/or spawning behavior of the catfish [29], which we discuss
further below.

The lowest activity during the year was registered in December and January, which
were the cold winter months when ice generally covered the lake, with water temperatures
at or below 4 ◦C. In February, their activity increased despite temperatures still being low
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(<5 ◦C), and this pattern continued during March and April at temperatures increasing up
to 10 ◦C. The catfish were active in water temperatures below 5 ◦C, unlike conspecifics in
the central distribution area of Europe, where catfish are reported to be “dormant” and
inactive below 8–10 ◦C [2,47]. The demonstrated low-temperature activity in Swedish
catfish may be adaptive for catfish in a northern population. Indeed, the ability to be active
in lower temperatures increases the annual time window for foraging and energy gain for
spawning and growth. Any trait that contributes to an ability to cope with long winters,
with frequent ice cover events during the long lifetime of the catfish [1], will enhance
survival and reproductive success. The main environmental variable affecting catfish in
these areas—compared to the central distribution region—is the colder climate and thus a
considerably lower annual water temperature. It is thus plausible to suggest that catfish in
these peripheral, northern regions show adaptation to these harsh conditions, even though
the catfish is defined as a warm-water species [2].

In the high water temperatures of July, the catfish once again displayed circadian
rhythms with high night activity. This behavior included swimming from bottom to surface
waters at dusk, foraging in free water during the night, and returning to bottom waters
in the morning. This pattern of diel vertical migration is a known phenomenon among
both freshwater and marine species, and is frequently demonstrated by planktivorous
fish species [48,49]. It is plausible that the pattern of depth utilization observed here is
indicative of catfish tracking the movements of their planktivorous prey. The circadian
behavior with high nocturnal activity continued until the end of October and indicates
intense foraging, as well as experiencing water temperatures decreasing from 20 to 10 ◦C.
We suggest that the time span from July to October is the main foraging and growth period
for catfish during the year. Catfish then became inactive for the coldest midwinter months
when water temperatures were below 4 ◦C.

4.3. Do Early Summer Movement Patterns Coincide with Pre-Spawning Behavior?

The main population of adult catfish spawn in a small, shallow (<2 m), creek (Agun-
narydsån, with a mean yearly water discharge of <2 m3/s in the northern part of the
lake [33], where the outlet opens into a shallow bay. Pre-spawning behavior includes a
migration from central parts of the lake (where tagging took place) to the spawning creek,
which is a distance of at least 5 km [33]. This is also supported by tagged-catfish presence in
the spawning stream during parts of May–June, where four individuals marked with both
a DST and PIT were detected at a PIT station (in operation for another study). When catfish
aggregate in these areas before and during spawning, vertical movements are restricted by
the shallow water, and their movement activity (as defined) is decreased. Moreover, catfish
utilizing this shallow habitat for reproduction is corroborated by the absence of deeper
descensions in the DST pressure data and the day–night fluctuation in temperature, which
is characteristic of shallow, running water being cooled at night and warmed during the
day. The decrease in activity during May–June compared to the following summer months
indicate that this time of the year is devoted to pre-spawning and spawning behavior in
shallower areas and in the creek. A similar reduction of activity from mid-May to the end
of June was also observed by Říha et al., and hypothesized to be linked to spawning [28].
The behavior was not dominated by night activity. The time spent at the spawning grounds
varied for the adult catfish, from a few days to months.

5. Conclusions

Our findings suggest that the behavior of adult Wels catfish in this northern fringe
population differs from those in the core habitats of eastern, central, and southern Europe.
This adds to a previous study finding that these fringe populations differ by growth rate and
longevity [1]. These behavioral discrepancies likely arise from distinct thermal conditions
and seasonal patterns. Consequently, those may shift as conditions change with global
warming. The management of these peripheral populations should prioritize enabling
their ability to adapt to changing environmental conditions, which includes ensuring
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connectivity within and among habitats to facilitate behavioral flexibility for successful
feeding and reproduction. Our results suggest that the catfish do not, as would be expected
from a warm-water species in a northern peripheral population, seek the warmest habitats
of the lake, which most likely would be shallow, vegetated, and sheltered bays. Instead,
the catfish displayed distinct behaviors and rhythms, depending on the season, which may
reflect adaptations to the colder climate. The activity of the catfish had already started in
late winter when the lake is generally frozen, and was so at the time of the study. This
was followed by the main foraging period in the summer and early autumn when the
catfish utilized the deeper bottom habitat diurnally and the free water toward the surface
for nocturnal hunting and foraging. These findings were made possible through the rare
use of in situ mark–recapture using data storage tags, which provided high-resolution
data on focal catfish behavior and opened up new research to understand its underlying
mechanisms and adaptive value.
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