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Preface

Water has become a scarce resource in the world. The major objective of municipal wastewater

treatment is to remove pollutants from wastewater before effluent is discharged back to the

environment. Treated effluent can be utilized for various types of water reuse and for resource

recovery. This reprint, including 21 papers, addresses diverse aspects of wastewater treatment,

encompassing both municipal wastewater and industrial wastewater. One study explores the

use of submerged fibers in an attached growth sequential batch reactor for effective treatment

of poultry slaughterhouse wastewater. Another study focuses on the performance and microbial

community analysis of pilot-scale hydrolysis–aerobic treatment for municipal wastewater. A separate

study develops a multi-objective decision model to select appropriate municipal sewage treatment

technologies under uncertainty. A different study investigates phosphorus removal mechanisms

using recycled crushed concrete. Further studies examine the impact of C/N ratio and potassium

chlorate on nitrogen removal in two-stage-constructed rapid infiltration systems. One particular

study focuses on removing nutrients from anaerobically digested swine wastewater using a multi-soil

layering treatment bioreactor. There is also a full-scale experimental study on groundwater softening

using a circulating pellet fluidized reactor. Another analysis focuses on bioaugmentation effects on

biogas yields and kinetics in the anaerobic digestion of sewage sludge. These studies collectively

highlight innovative and effective methods for improving the efficiency of municipal wastewater

treatment, as well as the treatment of other wastewater, and reducing water pollution.

Yung-Tse Hung, Hamidi Abdul Aziz, and Issam A. Al-Khatib

Guest Editors

xi





International  Journal  of

Environmental Research

and Public Health

Article
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Abstract: The municipal solid waste (MSW) landfill in Vientiane, Laos, which receives > 300 tons
of waste daily, of which approximately 50% is organic matter, has caused serious environmental
problems. This study was conducted to investigate the accumulated levels of heavy metals (HMs)
(cadmium (Cd), chromium (Cr), copper (Cu), nickel (Ni), lead (Pb), and zinc (Zn)) in water (surface
and groundwater), soil, and plants between dry and wet seasons according to the standards of the
Agreement on the National Environmental Standards of Laos (ANESs), Dutch Pollutant Standards
(DPSs), and the World Health Organization (WHO), respectively. Although no impact of pollution on
the surface water was observed, the levels of Cr and Pb in the groundwater significantly exceeded
the basics of ANESs and WHO in both seasons. The pollution caused by Cd and Cu reached the
eco-toxicological risk level in the landfill soils and its vicinity. The vegetable Ipomoea aquatica, which
is consumed by the nearby villagers, was seriously contaminated by Cr, Pb, Cu, and Zn, as the
accumulation of these toxic metals was elevated to much greater levels as compared to the WHO
standards. For the grass Pennisetum purpureum (elephant grass), the quantities of HMs in all plant
parts were extreme, perhaps due to the deeper growth of its rhizome than I. aquatica. This study is
the first to warn of serious HM pollution occurring in the water, soil, and plants in the MSW landfill
of Vientiane, Laos, which requires urgent phytoremediation. The indication of what sources from the
MSW principally cause the pollution of HMs is needed to help reduce the toxicological risks on Lao
residents and the environment in Vientiane as well.

Keywords: municipal solid waste; landfill; heavy metals; soil; plants; water; pollution; health risk

1. Introduction

The management of municipal solid waste (MSW) is a challenge for the urban environment in
many developing countries and is attributed to rapid population growth, unsatisfactory urbanisation,
and undesireable economic growth. Thus, open dumping and unsanitary waste landfills are a pressing
issue. MSW comprises household, healthcare, and industrial waste, but they are not segregated
and are all disposed of into the same landfill [1]. The landfill is the principal place for solid waste
dumping, which has resulted in serious environmental pollution and the spread of disease [2,3].
Leachate migration in open dumping sites is a dominant source of heavy metals (HMs) in surface and
groundwater, soil, and plants [4–6]. If plants uptake HMs from polluted soil, there is a high possibility
of HMs transferring to the human food chain through the consumption of vegetation or animals [7,8].

Int. J. Environ. Res. Public Health 2019, 16, 22; doi:10.3390/ijerph16010022 www.mdpi.com/journal/ijerph
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The most problematic HMs include cadmium (Cd), chromium (Cr), copper (Cu), lead (Pb), nickel (Ni),
and zinc (Zn) [9,10]. Contaminated wastewater has resulted in the contamination of food crops [11,12].

When wastewater contains HMs at low concentrations, they may be useful for increasing
productivity in agricultural production, as they are essential to living organism growth. However, high
concentrations of HMs have negative effects on the environment [13,14]. Many studies have
documented that both individual and combined HMs simultaneously expose humans and other
organisms to toxic effects but are mediated by leached doses, duration of exposure, and genetic
factors [15]. There are many compounds with hazardous effects leaching from MSW landfills that can
harmfully influence human health and the environment. In addition, several hazardous compounds
have also been found in the sediments but not in leachates. However, the leachates from MSW are a
fundamental matrix of toxic contaminants to freshwater aquatic organisms [16,17].

Plants growing in an MSW landfill and its vicinity cycle both trace elements and contaminated
HMs that can affect the food chain and can accumulate trace elements, especially HMs. They receive
HMs from soils and partly from water and air [18]. However, some plants, such as Myriophylhum
aquaticum (parrot feather), Ludwigina palustris (creeping primrose), and Mentha aquatic (water mint),
have shown excellent phytoremediation strength for contaminated soils, groundwater, and wastewater
by absorption [19,20]. In addition, the phytoremediation from plants is an efficient treatment technique
for HMs due to its low cost and easy operation and maintainance [21,22].

The MSW landfill in Vientiane, Laos receives around 300 tons of waste daily, of which 40–50% is
organic matter. The sources of solid waste include residential, commercial, institutional, and industrial
activities [23]. When hazardous waste from hospitals and industry is disposed of into the landfill,
it causes groundwater and surface water pollution [24]. In the wet season, surface water runs off
from the landfill [25]. Therefore, analyses for HMs should be conducted on samples collected during
both the dry and wet seasons. Residents in areas close to the MSW landfill who work at the dump,
such as waste pickers, may have serious health problems. However, an analysis of chemical leachates
in soils, water, and plants growing in the MSW has not yet been evaluated. This research was thus
conducted to assess HM concentrations in water, soil, and plants in the landfill and surrounding
area to understand the pollution situation and to help establish an appropriate management strategy.
In addition, this information can help develop policies for site remediation and urban environmental
quality management.

2. Materials and Methods

2.1. Description of Research Area

The MSW landfill is located in a suburban area of Vientiane, the capital of Laos (latitude 18◦4′45.86”
N, longitude 102◦50′57.18” E, approximately 32 km from the urban centre). The landfill operation is
open dumping in a total area of 100 ha of land space and has been operating since 2007. The area has a
tropical climate characterized by wet season rainfall from May to September and a dry season from
October to April. The MSW landfill is a flat field adjacent to agricultural land, including rice fields.
It includes landfill management offices, a recycling factory, wastewater treatment ponds, wetlands,
and a temporary hut for waste pickers. Residents in the surrounding areas of the MSW landfill have
never received public health information. Many plants in the landfill such as Ipomoea aquatica (water
spinach) are collected and sold in the nearby local markets for human consumption. The landfill
location is also connected to small substreams, and wastewater runoff in the rainy season overflows to
the rivers. Also, the residents catch fish from the polluted ponds and nearby streams, which are sold to
local markets without concern for possible HM pollution from MSW.

In this study, samples from surface water were collected upstream to downstream from wetlands
in the landfill site (Table 1). Groundwater and soil samples were gathered from inside and outside of
the landfill. In addition, two plant species—I. aquatica and the grass Pennisetum purpureum (elephant
grass)—were also collected from the landfill and surrounding area (see Figure 1 or Table 1).
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polyethylene bottles and subsequently adjusted by HNO3 to obtain pH < 2 [26,27]. The values of pH, 
temperature (°C), electrical conductivity (EC), and dissolved oxygen (DO) were measured by 
HORIBA (U-50 Multiparameter Water Quality Meter, Kyoto, Japan) at field sites. Furthermore, two 
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groundwater (G2) was unknown. The water samples were taken in both wet and dry seasons in 2017, 
and they were preserved in a way similar to the surface water samples. In detail, pH values of 8.32 
and 7.53, temperatures of 19.14 and 25 °C, DO values of 12.03 and 0.52 mg/L, and EC values of 2.77 
and 6.93 µs/cm were recorded in wet and dry seasons, respectively. The results showed that these 
parameters fitted the standards of the permissible limits of the National Environmental Standards of 
Laos, except the DO in the dry season. 
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locations at 60 m from the landfill according to a method described in Gworek et al. [28]. There were 
48 samples gathered in both wet and dry seasons in 2017. The locations of soil samples inside the 
dumpsite were collected from the nearest recharge canals. At each sampling location, six subsamples 
were randomly collected to make a composite sample. The soils were placed in sterilized plastic bags, 
while the sampled sites were recorded by GPS (GARMIN GPS 62sc (surface and groundwater, soil 
and plant samples) (Table 1). The soils were air-dried at room temperature after collection. They were 
finely ground by an agate mortar, filtered through a 0.2-mm stainless-steel sieve to remove coarse 
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I. aquatica (water spinach) was collected in two ponds in the landfill, including leachate and fish 
ponds. The samples were collected in both wet and dry seasons (total of 24 samples). The roots, stems, 
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Figure 1. Map and satellite image of sampling locations in the landfill site.

2.2. Sample Collection

Three samples from the surface water in the landfill wetlands, from an average water depth of 1–1.5 m,
were collected between each station from upstream to downstream. Good quality samples were randomly
taken each season, and each station included two subsamples. They were stored in 1-L polyethylene
bottles and subsequently adjusted by HNO3 to obtain pH < 2 [26,27]. The values of pH, temperature (◦C),
electrical conductivity (EC), and dissolved oxygen (DO) were measured by HORIBA (U-50 Multiparameter
Water Quality Meter, Kyoto, Japan) at field sites. Furthermore, two groundwater samples were collected
from wells inside and in the vicinity of the landfill. The G1 (well) was used for the landfill management
office at the landfill, and the G2 (well) was far from the landfill (70 m away) and it was frequently exploited
by nearby farmers. The characterized flow of groundwater (G2) was unknown. The water samples were
taken in both wet and dry seasons in 2017, and they were preserved in a way similar to the surface water
samples. In detail, pH values of 8.32 and 7.53, temperatures of 19.14 and 25 ◦C, DO values of 12.03 and
0.52 mg/L, and EC values of 2.77 and 6.93 µs/cm were recorded in wet and dry seasons, respectively.
The results showed that these parameters fitted the standards of the permissible limits of the National
Environmental Standards of Laos, except the DO in the dry season.

Soil samples were randomly collected at 0–0.25-m depth at an area of 50 cm2 in the landfill and
locations at 60 m from the landfill according to a method described in Gworek et al. [28]. There were
48 samples gathered in both wet and dry seasons in 2017. The locations of soil samples inside the
dumpsite were collected from the nearest recharge canals. At each sampling location, six subsamples
were randomly collected to make a composite sample. The soils were placed in sterilized plastic bags,
while the sampled sites were recorded by GPS (GARMIN GPS 62sc (surface and groundwater, soil
and plant samples) (Table 1). The soils were air-dried at room temperature after collection. They were
finely ground by an agate mortar, filtered through a 0.2-mm stainless-steel sieve to remove coarse
debris, and stored in sealed containers at 4 ◦C for further analysis.
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I. aquatica (water spinach) was collected in two ponds in the landfill, including leachate and fish
ponds. The samples were collected in both wet and dry seasons (total of 24 samples). The roots, stems,
and leaves were separated and stored in zipped polyethylene bags. The samples were washed thoroughly
with tap water and rinsed with distilled water for 1 min to clear them of periphyton and detritus [28].
The P. purpureum samples were collected in two locations: inside and outside the landfill. The samples
were dried at 40 ◦C for 2 days in an oven until a consistent weight was maintaned. The samples were
ground into a fine powder by a mortar and kept in the dark at 5 ◦C for further analysis.

Table 1. Description of water, soil, and plant sampling sites (inside and outside the landfill).

Site Latitude Longitude Description of Location

Surface water sampling sites

W1 18◦4′50.45” 102◦51′13.20” Leachate and wastewater were runoff from the landfill to the wetland (upstream)
W2 18◦4′53.85” 102◦51′13.35” Leachate and wastewater were runoff from the landfill to wetland (middle stream)
W3 18◦5′0.20” 102◦51′12.26” Leachate and wastewater were runoff from the landfill to wetland (downstream)

Groundwater sampling sites

G1 18◦4′28.40” 102◦51′12.31” Available groundwater (well) inside landfill used for the landfill management’s office and waste pickers
G2 18◦5′3.26” 102◦51′11.70” Available well used for domestic purposes of farmers was outside the landfill about 70 m away

Soil sampling sites

S1 18◦4′48.32” 102◦50′50.46” Random samples of soils in the landfill were near recharge canals
S2 18◦4′45.62” 102◦50′57.60” Random samples of soils in the landfill were near recharge canals
S3 18◦4′33.17” 102◦51′0.81” Random samples of soils in the landfill were near recharge canals
S4 18◦5′2.90” 102◦51′12.59” Random samples of soils were outside the landfill site about 60 m away

Plant sampling sites

IA1 18◦4′46.82” 102◦50′55.98” Random samples of Ipomoea aquatica in the wastewater or leachate area (inside landfill)
IA2 18◦4′26.91” 102◦51′11.23” Random samples of I. aquatica in the fish pond was near the landfill’s office.
P1 18◦4′33.17” 102◦51′0.81” Random samples of grass in the landfill
P2 18◦5′2.90” 102◦51′12.59” Random samples of grass were outside the landfill site about 70 m away

2.3. Chemical Analysis for Heavy Metals

The surface and groundwater samples were filtered by filter papers (Qualitative, circle, 90 mm Ø,
WhatmanTM, New Jersey, US) to obtain a 100-mL solution, to which 1 mL of HNO3 (65%) was added
and then heated for 2 h without boiling at 80–90 °C. The samples were cooled to room temperature and
then filtered with 0.2-µm syringe filters [29]. The waters were analyzed using a multitype inductively
coupled plasma emission spectrometer (ICP-ES) and ICPE-9000 (Shimadzu, Tokyo, Japan).

Five grams of soil were added to 20 mL of HNO3 (7 mol/L), stirred for 1 h, and then placed in an
autoclave at 120 ◦C for 30 min. The mixture was cooled to room temperature, filtered by filter papers,
and diluted by deionized water [30]. The samples were filtered again by a 0.2-µm syringe filter and
transferred to tubes for analyses by ICPE-9000 (Shimadzu, Tokyo, Japan).

The roots, stems, and leaves of the plant samples were dried and ground into powder. An amount
of 0.5 g of each sample was added to 6 mL of concentrated HNO3 (65%) and 2 mL of concentrated HCl
(30%) and stood until the reaction was completed. The mixture was moved to an autoclave for 66 min
at 132 ◦C for digestion [30]. The plant samples were analyzed by ICPE-9000 (Shimadzu, Tokyo, Japan).

2.4. Statistical Analysis

The statistical analyses were implemented by Minitab® 17.3.0 (Copyright © 2016 by Minitab Inc.,
Shanghai, China). Mean and standard deviation values were evaluated using one-way analysis of
variance (ANOVA). Tukey’s test was applied to compare pairs among seasons, treatments, and data of
the standards at a p-value of p < 0.05, which indicated the significant differences by 95% confidence.
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3. Results

3.1. Concentration of Heavy Metals in Surface and Groundwater

Table 2 shows that several HM contents were below the detectable limit of the analyzed instrument
and were noted as not detected (ND). The results in Table 2 indicate that no trace of cadmium (Cd) and
zinc (Zn) was detectable in surface and groundwater of both the wet and dry seasons. The accumulation
of chromium (Cr), copper (Cu), nickel (Ni), and lead (Pb) was observed, but none of them exceeded
the standard levels of the Agreement on the National Environmental Standards of Laos (ANESs).
Similarly, no presence of Cd and Zn was found in G1 (groundwater inside the landfill) and G2
(groundwater outside the landfill) in both the wet and dry seasons (Table 2; Figure 2). However, Ni
was not detected in both G1 and G2 in the dry season, whilst Pb was not found in the wet season in
G2. In addition, no accumulation of Cu was observed in G2 in both the wet and dry seasons (Table 2;
Figure 2). In the groundwater inside the MSW landfill, the levels of Cr and Pb significantly exceeded
the standards of both ANESs and the World Health Organization (WHO). On the other hand, traces of
Ni and Cu were below the permissible limit of ANESs and WHO (Table 2). In locations outside the
landfill (G2), although Cr, Ni, and Pb were detected, only the contents of Pb in the dry season were
much higher than those of ANESs and WHO standards (Table 2). The levels of HMs in the dry season
were higher than the wet season. The results suggest that seasonal variation significantly influences
heavy metal concentrations.

Table 2. Heavy metal concentrations between the wet and dry seasons in surface and groundwater (mg/L).

Site Heavy Metal
Wet Season Dry Season Standards (mg/L)

Mean ± SD Mean ± SD ANESs WHO

W1-3

Cd ND ND 0.03 -
Cr 0.05 ± 0.015 b 0.19 ± 0.057 a 0.5 -
Cu 0.01 ± 0.005 b 0.05 ± 0.018 a 0.5 -
Ni 0.01 ± 0.001 b 0.04 ± 0.005 a 0.2 -
Pb 0.02 ± 0.008 b 0.17 ± 0.042 a 0.2 -
Zn ND ND 1.0 -

G1

Cd ND ND 0.003 0.003
Cr 0.06 ± 0.01 a 0.08 ± 0.020 a 0.05 0.05
Cu 0.01 ± 0.011 a 0.004 ± 0.01 a 1.50 2.00
Ni 0.01 ± 0.010 ND 0.02 0.07
Pb 0.05 ± 0.020 a 0.06 ± 0.013 a 0.01 0.01
Zn ND ND 5.00 3.00

G2

Cd ND ND 0.003 0.003
Cr 0.02 ± 0.019 a 0.04 ± 0.022 a 0.05 0.05
Cu ND ND 1.50 2.00
Ni 0.001 ± 0.001 b ND 0.02 0.07
Pb ND 0.04 ± 0.014 a 0.01 0.01
Zn ND ND 5.00 3.00

SD: standard deviation; ND: not detected; W: station of surface water sampling, including three main stations/points
(W1–3); G1: groundwater in the landfill; G2: groundwater outside the landfill; WHO: World Health Organization,
Guidelines for Drinking-Water Quality (2011); ANESs: Agreement on the National Environmental Standards of
Laos (2009); values in a row with similar superscript letters are not significantly different (p < 0.05).
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3.2. Concentration of Heavy Metals in Soil

Table 3 shows that the HMs from soils in the landfill were generally in much greater quantities
than those of soils from the nearby location of the MSW landfill. The amount of HMs differed, and Zn
was the greatest (>17-fold), whilst Cd and Cr were the least (>3-fold) (Figure 3). On the other hand,
the quantities between the wet and dry seasons varied among the HMs. Amounts of Cd and Cu in
the landfill exceeded the target value of the Dutch Pollutant Standards. In addition, the level of Cd
overcame the eco-toxicological risk (outside landfill) (Table 3).

Table 3. Accumulation of heavy metals in soils compared with the Dutch standards (mg/kg).

Sites Heavy Metal
Wet Season Dry Season Dutch Standards

Mean ± SD Mean ± SD Tv Iv

S1–3

Cd 3.76 ± 0.33 a 3.73 ± 1.12 a 0.8 12.0
Cr 39.67 ± 3.78 a 48.08 ± 13.67 a 100.0 380.0
Cu 66.82 ± 27.52 a 54.06 ± 20.99 a 36.0 190.0
Ni 19.43 ± 0.84 a 19.94 ± 4.91 a 35.0 210.0
Pb 80.17 ± 19.33 a 67.99 ± 19.07 a 85.0 530.0
Zn 77.46 ± 57.88 a 52.48 ± 34.59 a 140.0 720.0

S4

Cd 1.02 ± 0.64 b 1.06 ± 0.05 b 0.8 12.0
Cr 10.02 ± 4.24 b 19.33 ± 1.95 b 100.0 380.0
Cu 7.96 ± 2.79 b 11.70 ± 0.50 b 36.0 190.0
Ni 5.65 ± 1.72 b 9.61 ± 0.06 b 35.0 210.0
Pb 16.03 ± 5.40 b 21.47 ± 0.42 b 85.0 530.0
Zn 4.39 ± 2.68 b 4.79 ± 0.56 b 140.0 720.0

SD: standard deviation; S: stations of soil sampling in landfill, including three main stations (S1–3); S4: the main
station of soil sampling outside the landfill; Tv: target value (values > Tv: eco-toxicological risk); Iv: intervention
value (values > Iv: environmental risk); values in columns with similar superscript letters are not significantly
different (p < 0.05).
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3.3. Concentrations of Heavy Metals in Plants

Table 4 shows that the roots of I. aquatica accumulated higher quantities of HMs than those
allowed by WHO standards in both the wet and dry seasons. The maximal pollution levels were
recorded for Cd, Cr, Pb, and Zn (8–56-fold higher than the WHO standards) in the stems and roots
(Table 4). The leaves of this vegetable were not affected by Cd, Cu, Ni, Cd, and Ni in the wet and dry
seasons, respectively, whilst the HM levels in stems did not exceed the standards of WHO in Cd, Cu,
and Ni in the wet and dry seasons, respectively (Table 4). Considering that the villagers commonly
consume leaves and stems of I. aquatica, Cr, Pb, Cu, and Zn in this vegetable presented in much higher
quantities than the WHO standards (Table 4).

For P. purpureum, the quantity of Cd in its roots was > 50-fold greater than that of I. aquatica in
the landfill, although the accumulated level of Cd was > 8-fold lower than the plants growing outside
the MSW (Table 4). In the dry season, the amount of Cd in the rhizome of P. purpureum was also
reduced by > 4-fold compared to the wet season. The accumulation of Cd in the stems and leaves of P.
purpureum was similar to its roots. This evidence indicates that in the wet season, P. purpureum absorbs
a much greater amount of Cd than in the dry season (Table 4). Furthermore, Cr, Cu, Ni, Pb, and Zn in
different plant parts of P. purpureum were analogous to that of Cd. These chemicals were accreted in
much higher quantities than that of I. aquatica and all of them exceeded the WHO standards, except for
Ni in the leaves of this grass (Table 4). The accumulation of these HMs was significantly reduced in
the dry season. Except for Ni, the presence of Cd, Cr, Cu, Pb, and Zn was found in all plant parts of
P. purpureum growing outside the landfill in the dry season. This revealed that the pollution caused
by Ni was less problematic than other HMs (Table 4). The amount of HMs detected in P. purpureum
may be explained by the deeper roots of the grass, as I. aquatica roots commonly spread either on the
surface of the soil or water in the landfill.
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4. Discussion

In this study, the surface water showed values lower than the standards (data not shown);
therefore, it did not affect the environment. In contrast, the groundwater in the wet and dry seasons had
high concentrations of Pb and Cr that exceeded the permissible values of ANESs [31] and WHO [32,33].
High doses of Pb and Cr detected in groundwater might be due to the leachate of HM contamination
from MSW [34,35]. However, the amounts of Cd, Cu, Ni, and Zn in both seasons were lower than
the permissible value of the regulations [31,32]. Cd and Zn in the groundwater were not detected,
perhaps because of the low content of Cd and Zn in the MSW [36], which might be reduced by plant
absorption [37].

In general, the dry season showed higher HM concentrations than the wet season. Probably, in the
wet season, low-strength leachate was generated; however, during the dry season, the reduced
percolation and enhanced evaporation might have increased the leachate strength [38]. Although the
accumulation of Cd, Cu, Ni, and Zn was lower than Pb and Cr in the groundwater (Table 2), it was
reported that the long-term oxidation of residual organic matters, together with sulfur, nitrogen,
and iron in MSW, may lead to the release of greater amounts of HMs [39].

The Cd and Cu in the soil samples exceeded the levels of Dutch Pollutant Standards to reach
an eco-toxicological risk [34]. The higher amount of Cd than the target value [34] in each station
might result in broader contamination by leachate migration. Vegetation that absorbs an excessive
amount of Cd and other HMs (Table 4) may adversely influence the health of people and animals
living in the landfill and in its vicinity [40]. The tremendous amount of Cd and Cu may be related to
the high quantities of these toxic metals in waste compositions that are disposed of in the landfill [41].
Kitchen, ash, plastic, and industrial wastes are the primary sources of metals in MSW landfills [42,43].
In contrast, the accumulation of Pb, Cr, Ni, and Zn in soil was found to be lower than the target value
standards [34]. However, the quantities of these HMs may be elevated by long-term accumulation [39].
It was reported that HM concentrations were generally lower during the rainy season and higher in
dry season [44]. In this study, the sampling stations were close to the leachate canals of the landfill,
where the polluted water flowed to and contaminated the surface soil. In contrast, the samples from
outside landfill had higher concentrations in the dry season [44]. HM contamination in soils depends
on the dose in the MSW and environmental effects [45].

High doses of Cd, Cr, Pb, and Zn were detected in the edible parts (leaves and stems) of I. aquatica.
Those HMs exceeded the permissible limit of WHO standards (5–86-fold). Although Cr, Cd, and Zn are
acknowledged as essential elements to plants, higher concentrations of these HMs can be toxic [46–48].
The accumulation of Pb, Cd, and Cr in I. aquatica presents health problems for people living in the
landfill as well as nearby villagers. This vegetable is commonly collected and sold in local markets and
is also used to feed the residents’ animals (pigs).

It was found that the grass P. purpureum absorbed a much higher quantity of Cd as well as
other HMs than I. aquatica in the landfill (Table 4), perhaps due to the deeper roots of the grass
grown in soils, which elevates its ability to absorb heavy metals [49]. Several plants, such as Pistia
stratiotes, Eichhornia crassipess, Hydrocotyle umbellatta, Lemna minor, Tyhpa latifolia, Scirpus acutus [50],
Micranthemum ubrosum [51], and I. aquatica [52], play a significant role for phytoremediation, as they are
one of the best and cheapest cleanup technologies for contaminated soils, groundwater, and wastewater.
However, the high contamination of HMs in P. purpureum apparently affected the health of cattle such
as cows and buffalos, something which requires further investigation. People living near the MSW
landfill in Vientiane may be exposed to HM toxicity at high levels, which would probably lead to
health effects [8,53]. Although some metals are essential for biological systems in humans and animals,
acting as structural and catalytic components of proteins and enzymes, in higher concentrations, they
can be toxic [54,55]. The findings of this study highlight the environmental risks posed by HMs in the
MSW landfill of Vientiane.

This study is the first to examine the HM contamination of water, soil, and plants in the
MSW landfill in Vientiane, Laos. It provided detailed information on the polluted levels of HMs
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in underground water, soil, and vegetation in the MSW landfill. The most problematic HMs included
Pb, Cr, Cd, Cu, and Zn (Tables 2–4) that may seriously affect the health of local residents near the
MSW landfill and environment. Similar investigations of MSW landfills in other big cities of Laos,
such as Savannakhet, Pakxe, and Thakhek, should be conducted. Analyzing how much HMs from
MSW has penetrated into the environment is necessary for health protection in developing countries.
In neighboring countries of Laos, such as Thailand and Vietnam, although the analysis of HMs has
been well organized [56,57], MSW pollution has been unstoppable due to the mismanagement of waste
classifications. The results of this study should be also submitted to the authorities in Vientiane, Laos,
as they are relevant to environmental and health protection. Lawmakers should address the level of
toxic HM penetration into the water, soil, and plants in the MSW landfill.

5. Conclusions

This study provided evidence of the serious pollution of the water, soils, and plants growing
in the MSW landfill in Vientiane, Laos. Except for Ni, the polluted levels of Cd, Cr, Cu, Pb, and Zn
exceeded the standards of ANESs, WHO, and Dutch Pollutant Standards, VROM (2000) to reach
levels of eco-toxicological risk. The high accumulation of HMs in the edible plant parts of the widely
consumed vegetable I. aquatica may cause a dilemma for the villagers living in and around the MSW
landfill. The leachates by these HMs from MSW to the surrounding area may enlarge the extent
of environmental pollution and health problems, thus requiring immediate phytoremediation and
settlement. Frequent monitoring of the surface water, groundwater, and soil quality is necessary to
determine the pollution levels and possibly initiate remedial measures. Education and legislation
on landfill waste management must be academic and strict, from elementary school to university
levels, throughout the country. In addition, the government should pay attention to improving landfill
systems such as wastewater and leachate treatment systems. The MWS should be classified and
analyzed to understand what sources in the MSW landfill principally caused the leaches of HMs in
groundwater, soil, and vegetation. This may help to prevent the pollution by HMs from the MWS,
therefore reducing the health problems of Laotian residents in the MSW landfill as well as in Vientiane.
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Abstract: A multi soil layering (MSL) treatment bioreactor was developed aiming at nutrients removal
from anaerobically digested swine wastewater (ADSW). The start-up of the MSL bioreactor and
its performance in nutrients removal at different hydraulic loading rate (HLR) were investigated.
Results showed that the MSL bioreactor was successfully started up after operation for 28 days,
and at this time, the removal efficiencies of ammonia-N, total nitrogen (TN) and total phosphorus
(TP) in the ADSW reached 63.6%, 58.5%, and 46.5%, respectively. The MSL bioreactor showed a
stable performance during the whole working process with varying HLR from 80 to 200 L/(m2·day).
Maximum removal efficiencies of ammonia-N, TN and TP were obtained at 160 L/(m2·day), and was
appeared as 94.2%, 94.4%, and 92.5%, respectively. It was worth noting that iron scraps were the key
factor that enhanced the independent capability of the MSL bioreactor in TP removal, because there
was only 21.4–25.8% of the TP was removed when the MSL bioreactor run with no iron addition.

Keywords: multi soil layering treatment (MSL); anaerobically digested swine wastewater (ADSW);
ammonia-N removal; total nitrogen (TN) removal; total phosphorus (TP) removal

1. Introduction

Nowadays, swine wastewater was considered as one of the biggest culprits for the severe
agricultural non-point pollution, because of its high concentration of ammonia, organic pollutants,
and phosphorus were not managed properly [1,2]. Although anaerobic digestion was thoroughly
investigated and applied technology in the treatment of the swine wastewater all over the world,
residual nutrients were still considerable in the liquid named “ADSW” (anaerobically digested swine
wastewater) [3]. In recent years, land treatment systems were becoming more and more popular in the
treatment of the ADSW [4].

The MSL (multi soil layering) bioreactor was known as an effective soil-based technology in the
conventional poorly functioning sewage treatment via the enhancing inherent ability of soil [5]. This
system has been tested to remove pollutants from polluted river water [6] and domestic wastewater [7],
but there was no research related to nutrients removal from swine wastewater. Why can nutrients
be effectively removed by the MSL bioreactor from ADSW? As known, the MSL bioreactor was a
biofilm reactor that filled with two kinds of media—one was the soil mixture block (SMB) composed
of soil and some organic materials, such as sawdust and charcoal, with a ratio of 85:15 by dry weight,
and another was the zeolite and iron layers. In case of natural ventilation or manual intervention
ventilation, aerobic environments were formed in the zeolite layers due to its porous structures, when
the ADSW flowed through the MSL bioreactor, ammonia-N was adsorbed by the zeolite and the
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nitrifying bacteria were then grew fast. At the same time, anoxic environments were formed in the
SMB after who was soaked within the ADSW, and the denitrifying bacteria were gradually grown [7].
Therefrom, ammonia-N was transformed to NO3

− first in the aerobic environments and then to
gaseous nitrogen in the anoxic environments [8]. In the transformation process of NO3

− to gaseous
nitrogen in the anoxic environments in SMB, the organic materials (e.g., sawdust and charcoal) can
be used as extra carbon sources for denitrifying bacteria [9]. The role of the iron that was added in
the MSL bioreactor was enhancing TP (total phosphorus) removal by the chemical reaction between
Fe3+ and PO4

3− [10]. It can clearly be seen that the MSL bioreactor will be an option in the removal of
nutrients from the ADSW.

Aims of this study were (1) to construct a MSL bioreactor to remove nutrients simultaneously
from the ADSW, (2) to investigate the effects of HLR (hydraulic loading rate) on the removal of
nutrients, and (3) to discuss the mechanisms that the MSL bioreactor can remove nutrients during its
working period.

2. Materials and Methods

2.1. Swine Wastewater

Swine wastewater for detecting the performance of MSL bioreactor in nutrients removal was
obtained from a pig farm at Chengdu city, Sichuan Province, China. In this pig farm, the joint of
Up-flow Anaerobic Sludge Bed (USAB) and Sequencing Batch Reactor (SBR) was applied to treat swine
wastewater. The swine wastewater mainly including pig manure, pig urine, and pig house flushing
water. Concentrations of COD (chemical oxygen demand), ammonia-N,TN (total nitrogen) and TP
of the swine wastewater were 5683.4, 645.8, 752.2, and 26.5 mg/L, respectively, which appeared as
1130.5, 682.6, 761.8, and 22.8 mg/L, respectively after treated by the UASB. The pH values of the swine
wastewater and the correspondingly ADSW were almost the same, 6.7 and 6.8, respectively.

2.2. Experimental Apparatus

According to our previous study, the experimental MSL bioreactor was constructed by using a
lidless acrylic box filled with different media [11]. Dimensions the MSL bioreactor and the layout
of the filter media were showed in Figure 1. The acrylic box was measured as 450 mm × 250 mm
× 700 mm, whose bottom was drilled with an aperture area rate of 28%. The aperture was 0.8 mm.
From the bottom of the acrylic box, a pebble layer was firstly filled, and then the alternately filling
of zeolite layers, iron layers, and SMB layers. Numbers of pebble layers, zeolite layers, iron layers,
and soil layers were 1, 4, 3, and 3, respectively. Natural zeolite was selected to build the zeolite layers,
and the SMB with a size of 220 mm × 110 mm × 80 mm was the mixture of clayey soil and sawdust
(with a ratio of 85:15 by dry weight). The iron scraps were lathe iron cutting scraps obtained from the
metal technology practice base of Chengdu University of Information Technology. After being treated
by the MSL bioreactor, the water was allowed to naturally flow into the collection tank through the
aperture bottom.

2.3. ADSW Treatment Process

To start up the MSL bioreactor, firstly, the mixture of the ADSW and the sludge from the UASB
of the pig farm, with a volume ratio of 2:1, was pumped and dispersed into the filter media to
seed the MSL bioreactor. After one week, the mixture of the ADSW and the sludge was replaced
by the same volume of ADSW alone to continuously seed the MSL bioreactor. During the start-up
process, the influent HLR was kept at approximately 50 L/(m2·day). After start up the MSL bioreactor
successfully, effects of the HLR on the MSL bioreactor in nutrients removal were investigated. During
the experiment, the mean HLR was set at 80, 120, 160, and 200 L/(m2·day) in steps, and at each HLR
condition, after 7 day’s stable run of the MSL bioreactor at 50 L/(m2·day), the HLR was began changed
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and water samples were continuously taken and analyzed for 14 days. In addition, the effects of inlet
ammonia-N concentration on ammonia-N removal by the MSL were investigated as well.

2.4. Analytic Methods

Analysis methods of COD, ammonia-N, NO3
−, TN, and TP were summarized as follows:

COD using the potassium dichromate method, ammonia-N using the Nessler’s reagent colorimetric
method, NO3

− by the ultraviolet spectrophotometry method, TN by the potassium persulfate
oxidation-ultraviolet spectrophotometry method, and TP using the potassium persulfate digestion
colorimetric method [12]. Water pH was measured using pH meter (PHS-3C). The microstructure of
the zeolites before and after start-up of the MSL bioreactor was characterized with environmental
scanning electron microscopy (Quanta 200, FEI Ltd., Eindhoven, The Netherlands).
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3. Results and Discussion

3.1. Start-Up of the MSL

As shown in Figure 2a, before start-up of the MSL bioreactor, the raw zeolite in the MSL showed
an irregular void structure, which was beneficial to the growth of microorganisms and formed the
biofilm. After seven days of start-up, a change of the zeolite color from grayish white to brown was
discovered by the naked eye, and suggested that there were microorganisms growing on the surface of
the zeolite. As shown in Figure 2b, after 14 days of start-up, a velvet biofilm that had been apparently
growing on the surface of the zeolite indicated an efficient biofilm formation in the MSL bioreactor,
which can adsorb and degrade ammonia-N and organic pollutants in ADSW [7].
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Figure 2. SEM images of the zeolites in the MSL (multi soil layering treatment) bioreactor before
start-up (a) and after 14 days of start-up (b).

From the 15th day onwards, the water qualities in and out the MSL were continuously collected
and monitored, which were shown in Figure 3. The removal efficiencies of COD, ammonia-N, TN, and
TP was increased from 21.2%, 33.5%, 29.8%, and 20.5% at 15 days to 48.8%, 63.6%, 58.5%, and 46.5% at
28 days, respectively, along with the prolonged time. This is due to the continuous ingestion of organic
matter, nitrogen and phosphorus in the ADSW by microorganisms in the MSL bioreactor [11].

At 28–35 days, the removal efficiencies of COD, ammonia-N, TN, and TP can reach 50.5%, 65.4%,
60.7%, and 48.5%, respectively (the corresponding effluent concentrations were lower than 559.6, 236.2,
299.4, and 11.7 mg/L, respectively). The relative deviations of the two monitoring results of COD,
ammonia-N, TN, and TP in the effluent were less than 5%, indicated that the MSL bioreactor reached
stable operation. This state further illustrated that the biofilm was successfully formed in the MSL
bioreactor [11].
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Figure 3. Concentrations and removal efficiencies of COD (chemical oxygen demand) (a), ammonia-N (b),
TN (total nitrogen) (c) and TP (total phosphorus) (d) during the start-up period of the MSL bioreactor.
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3.2. Effects of Hydraulic Loading Rate (HLR) on Nutrients Removal

3.2.1. Phosphorus Removal

As shown in Figure 4a, under different HLR from 80 to 200 L/(m2·day), 87.6–94.4% of TP on
average can be removed from the ADSW, with the final effluent TP concentration kept in the range of
1.3–2.8 mg/L, meaning that the TP in the ADSW can be effectively removed by the MSL bioreactor.
The literature has reported that the TP removal in the MSL bioreactor was mainly due to the chemical
reaction between Fe3+ and PO4

3−, and the adsorption by Fe(OH)3 [7,11].

Fe− 2e− → Fe2+ (1)

Fe2+ − e− → Fe3+ (2)

O2 + 2H2O + 4e− → 4OH− (3)

Fe3+ + 3OH− → Fe(OH)3 Kθ
sp = 4.0× 10−38 (4)

Fe3+ + PO4
3− → FePO4 Kθ

sp = 1.3× 10−22 (5)

As shown in Equations (1) and (2), in aerobic environment, iron was transformed into Fe2+,
and then to Fe3+, which aids in TP removal through forming FePO4 precipitate, at the same time,
the reaction O2 + 2H2O + 4e− → 4OH− (Equation (3)) occurred, a small amount of Fe(OH)3 was
formed, which can enhance TP removal through coagulation. TP was mainly removed through these
two ways.

According to the equilibriums (Equations (4) and (5)), Ksp
θ of the FePO4 precipitation equilibrium

was higher than Fe3+ hydrolysis equilibrium, thus, Fe3+ reacted with PO4
3− prior to OH−, thus far,

chemical reaction between Fe3+ and PO4
3− was the key way for TP removal [13].

In order to certify the important role of iron in TP removal, a control MSL bioreactor that was
run without an iron layer in the same procedure. As shown in Figure 4b, a relatively poor TP removal
efficiency of about 21.4–25.8% was obtained at different HLR, which further illustrated that the TP
was mainly removed due to the chemical reaction between Fe3+ and PO4

3−, and the precipitate would
subsequently be adsorbed and/or intercepted by the filter media in the hybrid system. A similar
conclusion was reported by Sato et al. (2005) [10].

Int. J. Environ. Res. Public Health 2018, 15, x 6 of 10 

 

Figure 3.Concentrations and removal efficiencies of COD (chemical oxygen demand)(a), 

ammonia-N(b), TN (total nitrogen)(c)and TP (total phosphorus)(d)during the start-up period of the 

MSL bioreactor. 

3.2. Effects of Hydraulic Loading Rate (HLR) on Nutrients Removal 

3.2.1. Phosphorus Removal 

As shown in Figure 4a, under different HLR from 80 to 200 L/(m2·d), 87.6–94.4% of TP on 

average can be removed from the ADSW, with the final effluent TP concentration kept in the range 

of 1.3–2.8 mg/L, meaning that the TP in the ADSW can be effectively removed by the MSL 

bioreactor. The literature has reported that the TP removal in the MSL bioreactor was mainly due to 

the chemical reaction between Fe3+ and PO43−, and the adsorption by Fe(OH)3[7,11]. 

- 2+Fe-2e Fe  (1) 

2+ - 3+Fe -e Fe  (2) 

- -
2 2O +2H O+4e 4OH  (3) 

 3+ - θ 38
sp3

Fe +3OH Fe OH K 4.0 10    (4) 

3+ 3- θ 22
4 4 spFe +PO FePO K 1.3 10    (5) 

As shown in Equations (1) and (2), in aerobic environment, iron was transformed into Fe2+, and 

then to Fe3+, which aids in TP removal through forming FePO4 precipitate, at the same time, the 

reaction O2+2H2O+4e−→4OH−(Equation (3)) occurred, a small amount of Fe(OH)3 was formed, which 

can enhance TP removal through coagulation. TP was mainly removed through these two ways.  

According to the equilibriums (Equations(4) and (5)), Kspθ of the FePO4 precipitation 

equilibrium was higher than Fe3+ hydrolysis equilibrium, thus, Fe3+reacted with PO43− prior to OH−, 

thus far, chemical reaction between Fe3+ and PO43− was the key way for TP removal [13]. 

In order to certify the important role of iron in TP removal, a control MSL bioreactor that was 

run without an iron layer in the same procedure. As shown in Figure 4b, a relatively poor TP 

removal efficiency of about 21.4–25.8% was obtained at different HLR, which further illustrated that 

the TP was mainly removed due to the chemical reaction between Fe3+ and PO43−, and the precipitate 

would subsequently be adsorbed and/or intercepted by the filter media in the hybrid system. A 

similar conclusion was reported by Sato et al. (2005) [10]. 

35 42 49 56 63 70 77 84 91 98 105 112
0

5

10

15

20

25

R
es

u
m

ed
  

   
at

 5
0 

L
/(

m
2
·d

)

R
es

um
ed

   
  a

t 
50

 L
/(

m
2 ·d

)

R
es

u
m

ed
  

   
at

 5
0 

L
/(

m
2
·d

)

20
0 

L
/(

m
2 ·d

)

16
0 

L
/(

m
2 ·d

)

12
0 

L
/(

m
2 ·d

)

80
 L

/(
m

2 ·d
)

 Inlet concentration    Outlet concentration
                       Removal efficiency 

Time (d)

T
P

 c
on

ce
nt

ra
ti

on
 (

m
g

/L
)

(a)

40

50

60

70

80

90

100

  R
em

ov
al

 e
ff

ic
ie

n
cy

 (
%

)

 
Figure 4. Cont.

19



Int. J. Environ. Res. Public Health 2018, 15, 2688
Int. J. Environ. Res. Public Health 2018, 15, x 7 of 10 

 

35 42 49 56 63 70 77 84 91 98 105 112
0

5

10

15

20

25

R
es

um
ed

 a
t 

50
 L

/(
m

2
·d

)

R
es

um
ed

 a
t 

50
 L

/(
m

2
·d

)

R
es

um
ed

 a
t 

50
 L

/(
m

2
·d

)

20
0 

L
/(

m
2 ·d

)

16
0 

L
/(

m
2 ·d

)

12
0 

L
/(

m
2 ·d

)

80
 L

/(
m

2 ·d
)

 Inlet concentration    Outlet concentration
                       Removal efficiency 

Time (d)

T
P

 c
on

ce
nt

ra
ti

on
 (

m
g

/L
)

(b)

5

10

15

20

25

30

35

  R
em

ov
al

 e
ff

ic
ie

n
cy

 (
%

)

 

Figure 4.Effects of HLR (hydraulic loading rate) on TP (total phosphorus) removal by the MSL (multi 

soil layering) with (a) and without (b) Fe addition. 

3.2.2. Ammonia-N Removal 

Figure 5 clearly showed that the MSL bioreactor can remove 92.6% of ammonia-N from the ADSW 

at HLR of 120 L/(m2·d), and 94.2% at 160 L/(m2·d), whereas it was decreased to 88.1% when the HLR was 

adjusted to 200 L/(m2·d). The main reason for the reduction of ammonia-N removal efficiency was that 

the nitrifying bacteria were at disadvantage in the fierce competition (by the HLR up to 200 L/(m2·d)) of 

living space with heterotrophic bacteria [14]. Apart from this, HLR as high as 200 L/(m2·d) shortened the 

hydraulic retention time (HRT) of the wastewater, which decreased the ammonia-N adsorption by 

zeolite and the nitrification by biofilm in the MSL bioreactor, and further decreased ammonia-N removal 

from the ADSW. A similar conclusion was reported by Luo et al. (2014) [7]. 
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Figure 5.Effects of HLR (hydraulic loading rate) on ammonia-N removal by the MSL (multi soil 
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As shown in Figure 6, the trend of NO3− production rate was similar with that of ammonia-N 
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Figure 4. Effects of HLR (hydraulic loading rate) on TP (total phosphorus) removal by the MSL
(multi soil layering) with (a) and without (b) Fe addition.

3.2.2. Ammonia-N Removal

Figure 5 clearly showed that the MSL bioreactor can remove 92.6% of ammonia-N from the ADSW
at HLR of 120 L/(m2·day), and 94.2% at 160 L/(m2·day), whereas it was decreased to 88.1% when
the HLR was adjusted to 200 L/(m2·day). The main reason for the reduction of ammonia-N removal
efficiency was that the nitrifying bacteria were at disadvantage in the fierce competition (by the HLR
up to 200 L/(m2·day)) of living space with heterotrophic bacteria [14]. Apart from this, HLR as high as
200 L/(m2·day) shortened the hydraulic retention time (HRT) of the wastewater, which decreased the
ammonia-N adsorption by zeolite and the nitrification by biofilm in the MSL bioreactor, and further
decreased ammonia-N removal from the ADSW. A similar conclusion was reported by Luo et al.
(2014) [7].
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Figure 5.Effects of HLR (hydraulic loading rate) on ammonia-N removal by the MSL (multi soil 

layering). 

As shown in Figure 6, the trend of NO3− production rate was similar with that of ammonia-N 

removal rate at different HLR in the MSL bioreactor, both increased with the increasing HLR from 80 

Figure 5. Effects of HLR (hydraulic loading rate) on ammonia-N removal by the MSL (multi soil
layering).

As shown in Figure 6, the trend of NO3
− production rate was similar with that of ammonia-N

removal rate at different HLR in the MSL bioreactor, both increased with the increasing HLR from
80 to 160 L/(m2·day), indicating the occurrence of nitrification during the ammonia-N removal process.
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In fact, under the HLR condition of 80, 120 and 160 L/(m2·day), ammonia-N removal rate was
appeared as 49.2, 75.7, and 102.7 g NH+

4-N/(m2·day), respectively, and the correspondingly NO3
−

production rate was showed as 16.8, 27.9, and 37.8 g NO3
−-N/(m2·day), respectively. However, both

of ammonia-N removal rate and NO3
− production rate were slightly decreased when the HLR was

continue increased to 200 L/(m2·day), and they were shown as 94.2 g NH+
4-N/(m2·day) and 34.8 g

NO3
−-N/(m2·day), respectively. Some other research reported quite different information that the

nitrification rate was dropped obviously with the excessive increasing HLR [15,16]. On the one hand,
due to the large specific surface area and ion exchange function of the zeolite in the MSL bioreactor,
ammonia-N can be adsorbed more effectively than the traditional materials. On the other hand, the air
layer was allowed to exist around the biofilm due to the application of media with a relatively large
particle size in the MSL bioreactor, which promoted the air flow and oxygen diffusion to the biofilm,
and further accelerated the mass transfer and degradation of ammonia-N [8].

Int. J. Environ. Res. Public Health 2018, 15, x 8 of 10 

 

to 160 L/(m2·d), indicating the occurrence of nitrification during the ammonia-N removal process. In 

fact, under the HLR condition of 80, 120 and 160 L/(m2·d), ammonia-N removal rate was appeared as 

49.2, 75.7, and 102.7 g NH+4-N/(m2·d), respectively, and the correspondingly NO3− production rate 

was showed as 16.8, 27.9, and 37.8 g NO3−-N/(m2·d), respectively. However, both of ammonia-N 

removal rate and NO3− production rate were slightly decreased when the HLR was continue 

increased to 200 L/(m2·d), and they were shown as 94.2 g NH+4-N/(m2·d) and 34.8 g NO3−-N/(m2·d), 

respectively. Some other research reported quite different information that the nitrification rate was 

dropped obviously with the excessive increasing HLR [15,16]. On the one hand, due to the large 

specific surface area and ion exchange function of the zeolite in the MSL bioreactor, ammonia-N can 

be adsorbed more effectively than the traditional materials. On the other hand, the air layer was 

allowed to exist around the biofilm due to the application of media with a relatively large particle 

size in the MSL bioreactor, which promoted the air flow and oxygen diffusion to the biofilm, and 

further accelerated the mass transfer and degradation of ammonia-N [8]. 

35 42 49 56 63 70 77 84 91 98 105 112
0

20

40

60

80

100

120

140

2
0

0 
L

/(
m

2
·d

)

1
6

0
 L

/(
m

2 ·d
)

1
2

0
 L

/(
m

2 ·d
)

8
0

 L
/(

m
2 ·d

)

R
es

u
m

ed
  
 a

t 
5
0
 L

/(
m

2 ·d
)

R
es

u
m

ed
 a

t 
5
0
 L

/(
m

2
·d

)

R
es

u
m

ed
 a

t 
5
0
 L

/(
m

2
·d

)

R
at

e 
[g

/(
m

2 ·d
)]

Time (d)

 Ammonia-N removal rate   NO
3

- production rate

 

 

 

Figure 6.Ammonia-N removal and NO3− production rates under different HLR (hydraulic loading 

rate) in the MSL(multi soil layering). 

3.2.3. TN Removal 

Figure 7 showed that about 52.5–80.4% of TN was removed from the ADSW by the MSL 

bioreactor at different HLR, better than that by the zeolite biofilter [17], indicated that the SMB was 

beneficial for denitrification and thus improved TN removal from the ADSW. Denitrification was 

proofed by the researches on biofilm reactor as the dominant mechanism that NO3− was converted to 

nitrogen gases to escape from wastewater [13]. 

In fact, TN removal efficiency reached 85.9%, 89.2%, and 92.5% on average at HLR of 80, 120, 

and 160 L/(m2·d), respectively, whereas 83.6% was obtained when the HLR was up to 200 L/(m2·d). 
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of carbon sources that the NO3− could not be denitrified in time [11]. With the increasing HLR from 

80 to 160 L/(m2·d), the denitrification rate was improved, and the TN removal efficiency was 
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3.2.3. TN Removal

Figure 7 showed that about 52.5–80.4% of TN was removed from the ADSW by the MSL bioreactor
at different HLR, better than that by the zeolite biofilter [17], indicated that the SMB was beneficial for
denitrification and thus improved TN removal from the ADSW. Denitrification was proofed by the
researches on biofilm reactor as the dominant mechanism that NO3

− was converted to nitrogen gases
to escape from wastewater [13].

In fact, TN removal efficiency reached 85.9%, 89.2%, and 92.5% on average at HLR of 80, 120, and
160 L/(m2·day), respectively, whereas 83.6% was obtained when the HLR was up to 200 L/(m2·day).
At low HLR, the nitrogen and organic loading was low, the ammonia-N was nitrified into NO3

−

and then drained out of the MSL bioreactor fast, which led to poor TN removal. This was due to
the lack of carbon sources that the NO3

− could not be denitrified in time [11]. With the increasing
HLR from 80 to 160 L/(m2·day), the denitrification rate was improved, and the TN removal efficiency
was significantly increased. However, the MSL bioreactor did not perform well in TN removal from
the ADSW at the excessive HLR of 200 L/(m2·day), due to the short HRT and the quickly shedding
biofilm [18]. From the effects of HLR on TN removal, it seems that some improvements can still be
made to enhance the performance of the MSL bioreactor in denitrification. Schipper et al. (2010)
reported two ways to enhance the denitrification in the MSL bioreactor, one was the continuous supply
of carbon source to the denitrifying bacteria, and the other was the maintenance of adequate saturated
hydraulic conductivity [19]. So, alternatives for more effective denitrification of the MSL bioreactor
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may include: adding effective solid carbon sources into the SMBs, decreasing the particle size of the
filter media in the MSL to hold more water.
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4. Conclusions

A MSL bioreactor was constructed to remove nutrients from the ADSW, whose performance in
nutrients removal was strongly affected by the HLR. Removal efficiencies of ammonia-N, TN and TP
was increased with the increasing HLR from 80 to 160 L/(m2·day), and reached the peak values of
94.2%, 94.4%, and 92.5%, respectively, whereas the excessive HLR reduced the independent capability
of the MSL bioreactor in ADSW treatment. The increasing HLR accelerated the water flow rate in the
MSL, thereby accelerated the mass transfer process between the liquid phase and the biofilm phase,
which can improve the degradation of pollutants, while the excessive HLR shortened the HRT and
led to the quickly shedding biofilm, which limited the pollutants removal. In the ADSW treatment
process, iron scraps played an important role in the TP removal, and there was only 21.4–25.8% of the
TP was removed when the MSL was run with no iron addition. All in all, the MSL was effective in
nutrients removal from the ADSW under different HLR.
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Abstract: Antibiotic residues in the aquatic environment have become a global problem posing
a serious threat to the environment and an inherent health risk to human beings. In this study,
experiments were carried to investigate the use of carbon material modified by liquid nitrogen
treatment (CM1) and carbon material unmodified by liquid nitrogen treatment (CM2) as adsorbents
for the removal of the antibiotic ampicillin from aqueous solutions. The properties of the CMs (CM1
and CM2) and the effects of variations of the key operating parameters on the removal process were
examined, and kinetic, isothermal and thermodynamic experimental data were studied. The results
showed that CM1 had larger specific surface area and pore size than CM2. The ampicillin adsorption
was more effective on CM1 than that on CM2, and the maximum adsorption capacity of ampicillin
onto CM1 and CM2 was 206.002 and 178.423 mg/g, respectively. The kinetic data revealed that
the pesudo-second order model was more suitable for the fitting of the experimental kinetic data
and the isothermal data indicated that the Langmuir model was successfully correlated with the
data. The adsorption of ampicillin was a spontaneous reaction dominated by thermodynamics.
In synthetic wastewater, CM1 and CM2 showed different removal rates for ampicillin: 92.31% and
86.56%, respectively. For an adsorption-based approach, carbon material obtained by the liquid
nitrogen treatment method has a stronger adsorption capacity, faster adsorption, and was non-toxic,
therefore, it could be a promising adsorbent, with promising prospects in environmental pollution
remediation applications.

Keywords: liquid nitrogen; modified carbon; ampicillin; adsorption

1. Introduction

In recent years, antibiotic residues in the aquatic environment have become a persistent,
bioaccumulation problem, potentially toxic in the medium to long term. China has a large consumption
of, estimated to account to 1/4 of the total amount of antibiotics consumed globally every year [1].
Unfortunately however, due to poor adsorption in the gut of the animals, elimination of the antibiotics
occurs and the majority are excreted unchanged in feces and urine. In addition, some antibiotics
are dropped directly into the water by fish farmers, leading to masses of antibiotics present as the
unmodified parent compound [2]. In the past years, it was recognized that antibiotics represent a new
source of water contaminants [3]. Antibiotics have been frequently detected in wastewater treatment

Int. J. Environ. Res. Public Health 2018, 15, 2652; doi:10.3390/ijerph15122652 www.mdpi.com/journal/ijerph



Int. J. Environ. Res. Public Health 2018, 15, 2652

plants (WWTPs) and in rivers [4]. β-Lactams, as a low cost class of antibiotics with broad-spectrum
applicability are commonly used around the world [5], and have already caused some environmental
problems. The occurrence of β-lactam antibiotic-resistant bacteria in surface water, animal waste
water and poultry farms was already detected [6]. Moreover, β-lactam antibiotic-resistant bacteria
are also found in the bodies of organisms, such as in humans [7] and fishes [8]. Considering the
treat that residual β-lactam antibiotics pose to the environment and the risk to human beings [9],
the development of efficient removal techniques is becoming a matter of significance to be addressed.

A number of methods were reported in the literature for the removal of β-lactam antibiotics from
water. Arslan-Alaton and Caglayan demonstrated that ozone produced by an advanced oxidation
method had positive effects on penicillin removal from formulation effluent [10]. Giraldo-Aguirre and
collaborators evidenced that the β-lactam antibiotics could be removed efficiently from pharmaceutical
industry wastewater by a photo-Fenton method at near neutral pH [11]. Biodegradation can be used
as a common method to degrade β-lactam antibiotics, for example, degrading ampicillin in aqueous
solutions using biofilms [12]. Limousy et al. efficiently eliminated amoxicillin from aqueous solutions
with an adsorption method, and the elimination rate was shiwn to be as high as 93% [13]. Among all
these methods, adsorption represents an ideal method due to its easy operation, high efficiency, and lack
of formation of toxic byproducts [14]. Carbon is widely used as adsorbent, and its adsorption capacity
could be contributed to two major factors: surface groups and specific surface area. Previous studies
showed that the adsorptivity of carbon was closely related to its surface groups [15]. In order to
increase the adsorption capacity, many methods have been used to produce various activated carbons
by changing the surface groups of the carbon. Moussavi et al. [16] compared the adsorption of β-lactam
antibiotics on NH4Cl treated activated carbon (NAC) and standard activated carbon (SAC). Over 99%
of 50 mg/L β-lactam antibiotics were adsorbed using NAC at 0.4 g/L, while under similar experimental
conditions only about 55% of β-lactam antibiotics was adsorbed by SAC. Although there have been
some achievements in this area, many shortcomings still exist, such as the use of non-environmentally
friendly denaturants (H2SO4, NH4Cl, (NH4)2S2O8), complex processes and high cost. Also it was
well known that the adsorption properties of carbons depended heavily on their specific surface area.
Due to its large surface specific area and uniform aperture, mesoporous carbon materials are promising
adsorbents for the removal of antibiotics from aqueous solution [17]. Therefore, how to increase the
specific surface area has become a research hotspot. Liang et al. [18] reported that the specific surface
area of mesoporous carbon materials was not only related to the chemical composition of the raw
precursor, but also to the preparation conditions. They increased the specific surface area by adjusting
the ratio of water and ethanol, the amount of hydrochloric acid, and the carbonization temperature.
However, in the high temperature sintering process, the carbon frameworks tended to shrink, which
reduced the pore size and the surface area [19]. Recently, it was found that liquid nitrogen could be
applied as passivator during the preparation of Ti-Al2O3 composites by forming a passivation layer
(Ti-N) which protected the original structure [20], but a possible protective effect of liquid nitrogen on
the carbon structure in the preparation of mesoporous carbon has yet to be reported.

The present study aimed at directly comparing adsorptive ampicillin removal with liquid nitrogen
treated mesoporous carbon material and that obtained by a common method. The primary goals
were to: (1) investigate the influence of liquid nitrogen on the carbon structure and (2) reveal the
mechanism(s) of ampicillin removal by carbon materials.

2. Materials and Methods

2.1. Preparation and Characteristics of Carbon Materials (CMs)

Two types of CMs were synthesized by a soft template method [21]. The preparation process
consisted of the following steps: Pluronic F127 and phloroglucin were successively added into a beaker
with ethanol. Then HCl was gradually added to the mixture with vigorous stirring for 90 min at
25 ◦C. As the reaction proceeded, the homogeneous reactant mixture was separated into two layers.
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The upper clear fluid was poured out and the sediment was put in a crucible for drying 120 min
at 60 ◦C in an oven (WGL-230B, TAISITE, Tianjin, China). The dried products were subsequently
processed in two different ways. CM1 was obtained by placing the mixture in liquid nitrogen for half
an hour and then calcining the mixture in a muffle furnace (SXL-1200M, SIOMM, Shanghai, China) at
800 ◦C for 3 h. CM2 was obtained by calcining the mixture in a muffle furnace at 800 ◦C for 3 h.

The specific surface area by the Brunauere-Emmette-Teller (BET) method, average pore diameter
and total pore volume were detected by a surface and porosity analyzer (ASAP2020, Micromeritics Co.,
Shanghai, China). The morphology of the CMs was obtained by scanning electron microscopy (SEM,
S-3400N, Hitachi, Tokyo, Japan). Changes of functional groups before and after ampicillin adsorption
were determined by Fourier transform infrared spectroscopy (FT-IR, ALPHA, Beijing, China).

2.2. Detection of Ampicillin

The concentration of ampicillin in the aqueous phase was detected by a UV-spectrophotometry
method (Nanodrop 2000/2000c, Thermo, Hong Kong, China). Ampicillin solution was mixed with
imidazole solution [22] for 25 min at 60 ◦C, and then the UV-Vis absorption at 342 nm was recorded by
a Nanodrop 2000 UV-Vis spectrophotometer (Nanodrop 2000/2000c, Thermo, Hong Kong, China).
The absorption value corresponds to the concentration of ampicillin. Deionized-water produced by a
pure water preparation system (FDY1001-UV-P, FLOM, Qingdao, China) was used in all experiments.
The concentration of ampicillin in synthetic wastewater (SW) was detected at 220 nm using a High
Performance Liquid Chromatography (HPLC) system (Agilent 1200, California, USA) [23]. A C18

column (5 µm particle size, 4.6 mmol/L × 250 mmol/L) was utilized. The mobile phase consisted of
0.02 mol/L potassium dihydrogen phosphate buffer and acetonitrile (92:8, v:v) delivered at a flow rate
of 1.0 mL/min at 25 ◦C. It was filtered through a 0.45 µm size membrane filter (HDG-1A, Huadan,
Beijing, China) and degassed before use.

2.3. Influence of pH on Adsorption of Ampicillin

The initial pH is regarded as the most important control parameter in the adsorption process.
To determine the influence of pH on the adsorption of ampicillin, the pH in the experiments was
adjusted to 2–9 using 1 mol/L NaOH or 1 mol/L HCl solution, using 1 mL solution of ampicillin with
an initial concentration of 3 mmol/L and 5 mg adsorbent mixed in a 1.5 mL Eppendorf (EP) tube for
0.5 h at 25 ◦C.

2.4. Kinetic, Equilibrium and Thermodynamic Studies for Ampicillin Adsorption

To examine the adsorption of ampicillin on each carbon material, kinetic, equilibrium and
thermodynamic studies were performed in batch experiments using 1.5 mL EP tubes. The experiments
were conducted in triplicate at pH 7. Unless stated otherwise, after the adsorbent was completely
mixed with the solution, the tubes were left standing still for a certain time before further use.

The kinetic study was performed to observe the effect of the reaction time on ampicillin adsorption.
The influence of the adsorption time was confirmed by applying 1 mL solution of ampicillin with an
initial concentration of 3 mmol/L and 5 mg adsorbent, mixed at 25 ◦C and pH 7 for 1–10 min. Samples
were collected after the required reaction time. The results were analyzed by pseudo first-order and
pseudo second-order kinetics.

The equilibrium study was conducted to investigate the influence of the equilibrium
concentrations of ampicillin on the adsorption results. The experiments were performed at an
equilibrium concentration of ampicillin of 0.5–3 mmol/L with carbon material doses of 5 mg in
1 mL of solution. The tubes were sampled after 0.5 h. The results were analyzed by the models of
Langmuir and Freundlich.

The thermodynamic study was performed to examine the impact of temperature on the adsorption.
The effect was determined by utilizing 1 mL solution of ampicillin with an initial concentration of
3 mmol/L and adsorbent amount of 5 mg in 1 mL solution mixing for 0.5 h at pH 7. A HH-2 digital
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electric-heated thermostatic water bath (HH-2, Guohua, Jiangsu, China) was used for controlling the
reaction temperature.

2.5. Ampicillin Adsorption in SW

A typical SW was prepared according to the composition of the effluent from a sewage treatment
plant in Hong Kong using glucose, ammonium chloride, urea, sodium nitrate and potassium
dihydrogen phosphate [24]. The concentration of each compound was: 60 mg/L total organic carbon
(TOC), 51 mg/L total nitrogen (TN), 5 mg/L total phosphorus (TP), and of these, the total nitrogen
was composed of 40 mg/L ammonia nitrogen, 10 mg/L organic nitrogen and 1 mg/L nitrate nitrogen.
In this experiment, 5 mg CM1 and 1 mmol/L ampicillin was added into SW and pure water, and then
the effect of SW on the adsorption was studied.

2.6. Renew and Reuse of CMs

After the adsorption experiments, the used CMs were immersed in pure water for 30 s with vortex
mixer, centrifuged (10,000 r/min, 5 min), and then collected. The desorption procedures were repeated
four times before the CMs were gathered and dried at 60 ◦C. Thus, recovered CMs have been obtained.
In the reuse of CMs experiments, the recovered CMs were applied to ampicillin solutions at the natural
pH. The adsorption/desorption procedures were repeated ten times to evaluate the reusability of CMs.

3. Results

3.1. Characteristics of the Carbon Material

The N2 adsorption-desorption isotherms of the tested CMs are provided in Figure 1, and the pore
size distribution of the CMs is shown in the inset graph of Figure 1. Textural properties, e.g., specific
surface area (SBET, m2/g), total pore volume (VTotal, cm3/g), and micropore volume (VMes, cm3/g) of
the carbonaceous materials are listed in Table 1.

Figure 1. N2 adsorption-desorption of CMs: (A) CM1; (B) CM2. The inset graph shows pore size
distribution of CMs: (a) CM1; (b) CM2.

Table 1. Characteristics of synthesized (CM1, CM2) mesoporous carbons.

Characteristic CM1 CM2

BET surface area (m2/g) 550.52 422.93
Average pore width (nm) 62.98 45.83

Total pore volume (cm3/g) 1.20 0.84
Mesopore volume (Vp) (cm3/g) 0.84 0.71

Macropore volume (cm3/g) 0.36 0.13
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The porous structure, presented in Figure 1, revealed the nitrogen adsorption and desorption
isotherms could be categorized as type IV isotherms. The nitrogen adsorption-desorption curve was
related to the volume and size of the pores, so the textural properties of CMs could be known by
analyzing the adsorption and desorption isotherms. According to the nitrogen adsorption curve and
the nitrogen desorption curve, the nitrogen adsorption-desorption curve can be divided into five types:
type I, type II, type III, type IV and type V [25]. The porous structure presented in Figure 1, revealed the
nitrogen adsorption and desorption isotherms were categorized as type IV isotherm which indicates
a mesoporous material [26]. As shown in Table 1, the effect of the liquid nitrogen treatments [27]
on the textural properties of CM1 could also be observed. CM1 provided a higher surface area
(550.52 m2/g) and total pore volume (1.20 cm3/g) than those provided by CM2 (SBET = 422.93 m2/g
and VTotal = 45.83 cm3/g), and the mean pore sizes of CM1 and CM2 were 62.98 nm and 45.83 nm,
respectively. Figure 2 depicts two successive magnifications (×50 k and ×100 k) of the tested CMs. As
shown, it was clear from the ×100 k magnification, that for CM1, the pore structure and the surface
were looser and smoother compared with CM2, which exhibited a compact and irregular surface. Thus,
CM1 with wider interstitial spaces displayed a larger surface area and bigger pore width. These results
were in agreement with the previous N2 adsorption-desorption results of the CMs.

Figure 2. Analysis of CMs using SEM: (a,b) CM1; (c,d) CM2.

FTIR spectrum analysis helps determine the chemical compositions of materials. The FTIR spectra
of the CMs before and after the adsorption of ampicillin in the wavelength range from 650 to 4000 cm−1

are shown in Figure 3.
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Figure 3. FTIR spectra of CM1 and CM2 before and after the adsorption of ampicillin: (a) CM2; (b) CM1.
(c) ampicillin; (d) CM2 + ampicillin; (e) CM1 + ampicillin.

As shown, the FTIR spectra of the CMs were the same. However, the functional groups of the
CMs before and after the adsorption of ampicillin were rather distinct. After adsorption, there were
new peaks at 1270 cm−1 which are characteristic of N-H stretching vibrations, suggesting the presence
of the secondary amide. The absorption band at 1600 cm−1 in all the FTIR spectra and 1500 cm−1 was
assigned to C-H stretching vibrations of the benzene ring. The medium peak at 2910 cm−1 attributed
to C-H stretching vibrations, indicating the presence of alkane/alkene groups on the activated carbons
surface. The absorption band at 3340 cm−1 is usually ascribed to -OH stretching vibrations of alcohol,
carboxylate, ester and/or ether groups [28]. The small peak at 1030 cm−1, probably due to the infrared
spectrum of C-S displacement toward low frequency by the effects of hydrogen bonds and ionic bonds.

3.2. Effect of pH

The effect of initial solution pH on the extent of adsorption of ampicillin is shown in Figure 4.
Within the pH range studied (pH 2–9), both CMs reached the maximum adsorption when the pH was
3. Ampicillin (pKa = 2.96 for its free carboxylic acid groups and pKa = 7.22 for its free amino groups) is
ionized in solution. At pHs between 2.96 and 7.22, ampicillin presents a zwitterionic structure [29].
As the pH increases, the structure of ampicillin could be strongly affected by the pH of the solution
and the activated carbon become negatively charged.

Figure 4. Effect of initial solution pH on the extent of adsorption of ampicillin (concentration of
CMs = 5 g/L, concentration of ampicillin = 3 mmol/L, contact time = 30 min, at 25 ◦C).
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3.3. Ampicillin Adsorption: Kinetic, Isotherm and Thermodynamic Analysis

The adsorption kinetics of ampicillin on the carbon materials was evaluated. Both 1st order and
2nd order adsorption kinetics were determined using Equations (1) and (2), respectively.

The pseudo-first-order expression is:

qt = qe (1 − e−k1t) (1)

where qt (mg/g) is the concentration of ampicillin adsorbed mass per unit of the adsorbent at time
t (min). k1 (1/min) is the pseudo-first-order adsorption rate constant, qe (mg/g) is the adsorption
capacity counted by the pseudo-first-order model.

The pseudo-second-order equation is as follows:

qt =
q2

ek2t
1+qek2t

(2)

where qt (mg/g) is the concentration of ampicillin adsorbed mass per unit of the adsorbent at time
t (min). k2 (g/mg/min) is the pseudo-second-order adsorption rate constant, and qe (mg/g) is the
adsorption capacity computed by the pseudo-second-order model.

The parameters found for the different models are presented in Table 2, Some kinetic curve fitting
results are shown in Figure 5.

Table 2. Kinetic parameters for the adsorption of ampicillin on CMs (concentration of CMs = 5 g/L,
concentration of ampicillin = 3 mmol/L, pH = 7, at 25 ◦C).

CMs
the Pseudo-First-Order the Pseudo-Second-Order

k1 (1/min) q (mg/g) R2 k2 (g/mg/min) q (mg/g) R2

CM1 36.632 192.257 0.961 0.019 206.002 0.999
CM2 6.036 155.728 0.885 0.010 178.423 0.998

Figure 5. Kinetic modeling of ampicillin adsorption onto CMs: (a) CM1; (b) CM2. (concentration of
CMs = 5 g/L, concentration of ampicillin = 3 mmol/L, pH = 7, at 25 ◦C).

The influence of contact time on the adsorption of ampicillin by the tested CMs is depicted in
Figure 5a,b for CM1 and CM2, respectively. First, an exponential increase in the adsorption was
registered within the first 3 min for CM1 and within 5 min for CM2, and the maximum adsorption
capacities of ampicillin on CM1 and CM2 was 206.002 mg/g and 178.423 mg/g, respectively. Such a
tendency confirms the significant effect of the CMs’ properties (surface area and interstitial porosity)
on the removal efficiency. These further proved that CM1 has a larger specific surface area and larger
apertures than CM2, which could enhance the adsorption capacity of carbon materials and accelerate
the adhesion of ampicillin to the carbon material [30]. The same result was previously reported in
Table 1 regarding the surface area and pore volume. According to the values of R2 (Table 2), it was
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easily obtained that the pseudo-second order model was more appropriate for depicting both CMs’
kinetic data.

The Langmuir model (Equation (3)), and Freundlich model (Equation (4)) were used to further
investigate the adsorption process and mechanism, with the results shown in Figure 6 and Table 3.

Langmuir isotherm:

qe =
qLkLCe

1 + kLCe
(3)

where qe (mg/g) is the ampicillin adsorption capacity at equilibrium, qL (mg/g) is the maximum
ampicillin adsorption capacity of CMs, and kL (L/mg) is the constant that related to the rate of
adsorption.

Freundlich isotherm:
qe = KFC1/n

e (4)

where qe (mg/g) is the quantity of ampicillin adsorbed on CMs, Ce (mg/L) is the equilibrium
concentration of ampicillin, Kf and n are the Freundlich constants which are correspond to adsorption
capacity and intensity, respectively.

Figure 6. Equilibrium isotherm model of ampicillin adsorption onto CMs: (a) CM1; (b) CM2.
(concentration of CMs = 5 g/L, contact time = 30 min, pH = 7, at 25 ◦C).

Table 3. Adsorption isotherm parameters for the adsorption of ampicillin on CMs (concentration of
CMs = 5 g/L, contact time = 30 min, pH = 7, at 25 ◦C).

CMs
Langmuir Freundlich

KL (L/mg) qmax (mg/g) R2 KF(L/mg) n R2

CM1 6.475 252.819 0.992 1.962 0.004 0.388
CM2 5.428 193.274 0.988 1.884 0.007 0.387

As shown in Table 3, both Ce/qe versus Ce curve and R2 values indicate that the Langmuir
isotherm model had a better fit than the Freundlich model. From the Langmuir model, the maximum
adsorption capacity (qm) of ampicillin was calculated to be 252.819 mg/g for CM1, which was higher
than that for CM2 (193.274 mg/g). This could be explained by the fact that CM1 had a larger specific
surface area with more surface active sites after liquid nitrogen treatment. The mechanisms involved in
the process of ampicillin adsorption and the adsorption capacity of CMs were determined by obtaining
the corresponding adsorption isotherms. Figure 6 shows that the adsorption isotherms of ampicillin
on the CMs could be classified as L-2 type, according to the Giles classification [31], suggesting that
ampicillin molecules are adsorbed in parallel to the carbon surface and there is no major competition
between ampicillin and water molecules for the active sites on the carbon.
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Thermodynamic parameters, such as entropy change (4S◦), enthalpy change (4H◦) and Gibbs
free energy change (4G◦) were computed with Equation (5):

ln kd =
∆S◦

R
− ∆H◦

RT
(5)

where Kd is the adsorption distribution constant (L/mg), R is the universal gas constant (8.314 J/mol
K), and T is the absolute temperature (K). The adsorption distribution constant Kd is computed using
the following Equation (6):

Kd =
Ce,adsorption

Ce,solution
(6)

where Ce,adsorption and Ce,solution are the equilibrium concentrations of ampicillin (mg/L) on the
adsorbent (CMs) and in the solution, respectively.

The thermodynamic analysis is presented in Table 4. The maximum adsorption capacity
was obtained at 55 ◦C, and the adsorption of ampicillin on CMs was affected as the temperature
varied between the ranges of 35–55 ◦C. The negative values of Gibbs free energy change (4G◦)
(−5.812–−3.392 kJ/mol) at all temperatures indicated that ampicillin adsorption on CMs was a
spontaneous reaction. CM1 and CM2 had a positive value of entropy (4S◦), which indicated that the
entropy increased at the solid-solution interface. The distribution of enthalpy (4H◦) indicated that
the adsorption process was endothermic and was more favorable at high temperatures, and might be
caused by the changes in hydrogen bonding, protonation or Van der Waals forces.

Table 4. Thermodynamic parameters for ampicillin adsorption on CMs (concentration of CMs = 5 g/L,
concentration of ampicillin = 3 mmol/L, contact time = 30 min, pH = 7).

CMs Temp. (◦C) 4H (KJ/mol) 4S (KJ/mol) 4G (KJ/mol)

CM1
35 12.471 49.884 −3.392
45 12.471 49.884 −3.89
55 12.471 49.884 −4.612

CM2
35 8.314 43.232 −5.001
45 8.314 43.232 −5.434
55 8.314 43.232 −5.812

3.4. Ampicillin Adsorption in SW

In order to assess the feasibility of the CMs’ practical application, the CMs were used to remove
ampicillin from SW to study the ampicillin removal rate. As shown in Figure 7, in SW, both CM could
not completely remove the ampicillin, and the removal ratio of 1 mmol/L ampicillin was 92.31% for
CM1 and 86.56 for CM2, respectively.

Figure 7. Removal rate of ampicillin in synthetic wastewater (concentration of CMs = 5 g/L,
contact time = 30 min, at 25 ◦C).
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3.5. Renew and Reuse of CMs

The experimental results of adsorption material regeneration were presented in Figure 8. Figure 8a
shows the regeneration of CMs in pure water, and Figure 8b demonstrates the regeneration of the
CMs in SW. As shown in Figure 8, the CMs could basically be regenerated after being washed
only three times in pure water, however, CM2 needed four washes to reach the same goal in SW.
This indicated that SW changed the interaction between sorbent and ampicillin, and decreased the
effect of regeneration. The regeneration of CM1 under these two conditions were better than that
of CM2.

Figure 8. (a) Ampicillin elution from CMs in water; (b) Ampicillin elution from CMs in
synthetic wastewater.

The reuse results of the CMs are shown in Figure 9, which indicates that after ten
adsorption/desorption recycles, the ampicillin removal ratio with CM1 was higher than that with CM2.
CM1’s removal ratio was above 80.56%, and that of CM2’s was nearly 68.57%. The good regeneration
ability of CM1 made it suitable to capture ampicillin in sewage treatment, indicating that the modified
method established in this work could be useful for practical application.

Figure 9. (a) Reuse of CMs in SW solution; (b) Reuse of CMs in normal SW (concentration of
CMs = 5 g/L, contact time = 30 min, at 25 ◦C).

4. Discussion

Antibiotics are a global concern as emerging contaminants. In this study, ampicillin was removed
from aqueous solutions using a novel carbon material. The textural properties of the carbon materials
were characterized by N2 adsorption-desorption isotherms, SEM and FTIR and the ampicillin removal
mechanism was explored by kinetic, equilibrium and thermodynamic studies. The carbon materials
were further used to remove ampicillin from SW.
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Phenolic resin is widely used for the preparation of carbon materials due to the fact it is rich in
hydroxyl groups and could form hydrogen bonds with the PEO segment of the triblock copolymer,
which was a driving force for forming a carbon material structure. In previous studies, the main method
for improving carbon materials was to change the catalyst during the preparation process [32,33].
However, no similar reports have been reported to prevent sintering during the carbonization process.
In the process of synthesizing Ti-Al2O3, Liu et al. used liquid nitrogen passivated Ti nanopowder to
prevent sintering, and to prepare a material with uniform phase dispersion [20].

In this research, a new absorbent (CM1) had been obtained by modified liquid nitrogen treatment,
which was utilized to remove ampicillin from solution in comparison with CM2 (obtained without
liquid nitrogen treatment). Combined with N2 adsorption-desorption isotherms and SEM results,
it was clear obtained that CM1 has a larger specific area and bigger pores than CM2. We confirm
that liquid nitrogen could obviously increase specific surface area and aperture of CMs by forming
a passivation layer as mentioned before [19]. According to the results of kinetic, equilibrium and
thermodynamic studies, CM1 removed ampicillin more efficiently. Our results were consistent with
others’ research, as Álvarez has indicated that the surface area was increased from 352 to 391 m2 g−1

by increasing the carbonization temperature of the carbon material, and the average pore width was
changed from 0.86 nm to 1.31 nm. which led to an increase in the amount of tetracycline adsorbed
from 53.9 to 58.1 mg g−1 [34].

Regarding the effect of contact time, concentration and temperature, the results for the case of
ampicillin demonstrated that the kinetic data were successfully correlated with the pseudo-second
order model and the isothermal data were well-fitted to the Langmuir isotherm model. The high
accuracy in the prediction of experimental data by the pseudo-second order model has been considered
in many research works [35] as evidence that chemical bonds are involved in the adsorption mechanism
of ampicillin onto CMs. This assumption has been confirmed by the result of the study of the FTIR
spectra of the adsorbed phase onto CMs (Figure 3), which displayed new chemical bonds between
both the adsorbed phase and the adsorbent. The Langmuir isotherm model results was in agreement
with previous studies [36], which indicated that adsorption was a monolayer adsorption and CMs
have homogeneous solid surfaces.

The experimental pH data also revealed a feeble change between pH 2 and 9 and the adsorption
reached a maximum at pH 3, indicating that the structure of ampicillin had a major effect on the
adsorption of ampicillin on CMs [28].

According to our desorption and the renew-recycle experiments, CM1 could basically be
regenerated in water after being washed only three times, however, with synthetic wastewater the
adsoption by CM1 was still up to 86.56%, but down to 68.57% with CM2. Ncibi et al. have reported
that carbon materials with larger pore sizes were easier to reuse as it was difficult to wash substances
out from small sized pores [30]. According to a previous study [37], other substances present in
the synthetic wastewater can compete for the sorption sites with ampicillin, so the removal ratio
was decreased.

These experiments have some limitations. Phenolic resin is relatively expensive compared to
other carbon raw materials (bioresidue and coal based), so the liquid nitrogen modification method
should be further applied to other activated carbons forms.

The liquid nitrogen treatment method is a new green and low cost physical modification method.
Compared with other chemical modification methods, it could produce carbon materials with larger
specific surface area and more adsorption sites to increase the adsorption capacity without changing
the chemical properties. If combined with other modification methods, a new modified material with
better adsorption ability would be achieved. Moreover, the large surface area of carbon materials could
improve the properties of batteries [38] and increase hydrogen storage capacity [39], so the liquid
nitrogen treatment method for carbon material modification may have broader application prospect in
sewage treatment and industrial manufacture.
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5. Conclusions

In this research, liquid nitrogen was used as a passivating agent to modify carbon materials,
and a new absorbent (CM1) was obtained, which was utilized to remove ampicillin from aqueous
solutions. Compared with CM2, the specific area and aperture of CM1 was larger, which can remove
ampicillin more efficiently. Kinetic data were successfully correlated to the pseudo-second order
model. Moreover, the thermodynamic results were consistent with the Langmuir model. According
to the model, the adsorption capacities of CM1 and CM2 were 212 mg/g and 182 mg/g, respectively.
The whole adsorption process was an endothermic reaction. The adsorption capacity was affected by
the solution pH, and it reached a maximum at pH 3. The ampicillin removal ratio of CM1 was higher
than that of CM2, however, it decreased with increasing concentration of SW. In the renew-recycle
experiments, the removal ratio of ampicillin by CM2 was still up to 80.56%, but down to 68.57%
with CM1.
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Abstract: A comprehensive analysis of the effects obtained in the process of ultrasonic disintegration
(UD) of waste activated sludge (WAS), was conducted. Sludge samples were collected periodically
from Central Wastewater Treatment Plant (WWTP) in Gliwice (Poland) and disintegrated in the two
ultrasonic devices of different construction and technical parameters, i.e., WK-2010 (A) and ultrasonic
washer (B). The experiments were performed under a constant energy supply per sludge volume
EV = 160 kWh·m−3. The direct and technological effects, i.e., after UD and anaerobic digestion (AD)
were investigated, respectively. Statistical analysis showed that characteristics and parameters of
the WAS, which affects the magnitude of the direct effects create the following sequence: TS (total
solids), VS (volatile solids), ∆T (temperature increase) > EPS (extracellular polymeric substances)
> SCOD (soluble chemical oxygen demand) > CST (capillary suction time) > NTOT (total nitrogen),
PTOT (total phosphorus) > pH. Whereas, in the case of technological effects, the above sequence was
as follows: TS, VS > CST > NTOT, PTOT > pH. Ultrasonic disintegration of WAS prior to AD increased
total biogas production (from 13.0% to 19.7%) and reduced the content of TS (from 4.1% to 8.2%) and
VS (5.8% to 9.5%) in comparison to the control sample. This confirms the usefulness of ultrasonic
disintegration as an effective method of sludge digestion intensification. The obtained results showed
that changes in the characteristics of WAS have a significant impact on the magnitude of the effects of
ultrasonic disintegration, especially TS, VS, ∆T, EPS, SCOD and CST. Concluding, it can be inferred
that the most promising conditions for ultrasonic pretreatment conducted under constant energy
supply per sludge volume, are: low power, long sonication time, large surface area of the emitter,
and high increase of sludge temperature while conducting the process.

Keywords: waste activated sludge; ultrasonic disintegration; disintegration effects; sludge
characteristics; wastewater treatment plant

1. Introduction

The development of new technologies and growing effectiveness of biological wastewater
treatment observed in recent years, can be mainly accounted to the implementation of the European
Council Directive [1] concerning urban wastewater treatment, which led to an increase in the amount
of sewage sludge production [2,3]. The significance of the abovementioned issue is even more
pressing due to the hazards which sludge may pose to the environment and the economy. It is
estimated that by the year 2020, the amount of sludge produced in European Union (EU) countries
will reach 12,997,000 MgTS, in which 950,000 MgTS would be in Poland alone [4]. Moreover, the
costs associated with sludge treatment and its disposal may constitute as much as 65% of the total
operating costs of Wastewater Treatment Plant (WWTP) [5]. Therefore, it is necessary to introduce
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methods for intensifying anaerobic digestion, which is the most commonly applied process in sludge
treatment, that enable sludge stabilization and mass reduction, improve its dewaterability and ensure
hygienization [6,7]. Among these methods, we can distinguish disintegration. Nowadays, it is one of
the most important environmental issues.

There are different types of disintegration techniques, i.e., mechanical (ultrasonic disintegration,
homogenizations), thermal (hydrolysis—low and high temperature), chemical (hydrolysis with oxygen,
ozone, sodium hydroxide) and biological (with application of enzymes) [8,9]. Currently, mechanical
methods are the most effective and commonly used, especially ultrasonic disintegration, which is based
on the cavitation phenomenon [2,10]. Ultrasonic disintegration shortens the hydrolytic phase, i.e., the
rate—limiting step of anaerobic digestion (AD), and increases the efficiency of the process [2,6].
Moreover, ultrasonic disintegration (UD) increases the solubility of the organic compounds (by
disrupting the sludge floc and cells), leading to a release of intracellular materials available for
living organisms, which can be used as a substrate in the subsequent steps of anaerobic digestion [8,11].
It must be emphasized, that ultrasonic disintegration is one of the most secure and environmentally
friendly methods of anaerobic sludge digestion intensification, to which mainly waste activated
sludge (WAS) is subjected due to the difficulty in its decomposing [8]. The advantages of sludge
UD are: lack of byproducts or use of additional reagents and possibility to intervene during the
process conducting [11,12]. We can distinguish two types of ultrasonic disintegration effects: direct and
technological. The direct effects are observed after ultrasonic pretreatment, whereas the technological
during further sludge treatment, i.e., anaerobic digestion [11,13]. The obtained effects are described
by appropriate indicators of disintegration, i.a. disintegration degree (DDCOD) [14], etc. The direct
effects are monitored based on the physicochemical changes of sludge characteristics (parameters)
before and after pretreatment, i.a. pH [11,15], concentration of soluble chemical oxygen demand
(SCOD) [3,16], biogenic substances [17,18] and extracellular polymeric substances [9,19] in sludge
supernatant, capillary suction time (CST) [7,20] or microscopy examination of a flocs disruption [5,21].
In the case of anaerobic digestion the expected effects are: increase in biogas production, total solids
(TS) and volatile solids (VS) reduction, as well as dewatering ability improvement [10,13]. The effects of
sludge pretreatment are also influence by operating parameters of the process conducting, i.a. technical
construction of ultrasonic device, frequency (f), the amount of energy supplied per sludge volume (EV)
or total solids content (ES), ultrasonic density (UD) and intensity (UI), sonication time (t) and process
temperature (T) [18,22,23].

Therefore, taking into account the number of factors, which may have an impact on a magnitude
of disintegration effects, a comprehensive analysis and selection of the most important sludge
characteristics (parameters) and technical conditions of the process conducting are necessary. This is
particularly important due to the fact that it is still unknown why in the similar conditions of sludge
sonication, different effects are obtained. However, it is important to emphasize that there are no two
identical sludges—their characteristics change over time. Therefore, it is important to carry out the
ultrasonic disintegration in a cyclical manner, i.e., at an appropriate time intervals, which will allow
observing changes in sludge characteristics and indicate the main parameters, that have the greatest
impact on the obtained effects.

The aims of this study were: (a) to evaluate direct and technological effects based on the values
of selected indicators and optical microscopy examination; (b) to determine sludge characteristics
(parameters) and technical conditions of the process conducting, having the greatest impact on the
direct and technological effects; (c) to conduct a comprehensive analysis of the disintegration effects,
with including periodically changes of WAS characteristics and technical conditions of conducting the
process, using selected statistical tests.
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2. Materials and Methods

2.1. Sludge Collection and Analysis

The WAS samples were collected once a month over a 7-months period of time, starting from
July 2013 up to January 2014. Sludge samples after mechanical thickening were collected from the
advanced biological Central Wastewater Treatment Plant in Gliwice (Poland, Central Europe). The
digested sludge (inoculum) was taken from a full scale anaerobic digester (mesophilically operated) in
the same WWTP and used only in order to conduct anaerobic digestion. The collected sludge samples
were stored in polypropylene tubes at 4 ◦C before further analysis. The operational parameters of the
WWTP are reported in Table 1.

Table 1. The operational parameters of the Wastewater Treatment Plant.

Parameter 1 Unit Value

Population equivalent (PE) - 155,009
Average flow (Q) m3·d–1 31,913

Hydraulic retention time (HRT) of sludge in anaerobic digester d 33
1 Data for the year 2017 obtained from the Central WWTP in Gliwice.

In order to determine the changes of sludge samples characteristics—before and after UD/AD,
selected parameters were considered, i.e., pH, SCOD, NTOT (total nitrogen), PTOT (total phosphorus),
proteins and carbohydrates concentrations, CST, flocs disruption (microscopic examination; at 100×
magnification), TS and VS content, as well as volume and composition of the evolved biogas. Prior and
after UD or AD, sludge samples were centrifuged for 30 min at 20,000 rpm (18 ◦C) and subjected to
vacuum filtration throughout membrane filters (0.45 µm; Chemland, Gyeonggi-do, Korea) [24]. Sludge
prepared in the following manner was measured for: SCOD, NTOT and PTOT concentrations. In order
to determine the concentration of extracellular polymeric substances the thermally extraction was
conducted. At the beginning, WAS sample was centrifuged at 2000× g for 20 min. The residual sludge
pellet was resuspended in the distilled water right to the original volume and placed into the water
bath (at 80 ◦C) for 1 h. After incubation sludge was separated from extract by centrifugation at 2000×
g and 4500× g over 20 min each time, respectively [25,26]. In the obtained extracts the concentration
of proteins and carbohydrates, were measured. The albumin bovine (Acros Organics) and glucose
(POCH), were used as a standard solutions. Moreover, the measurements of: pH, TS, VS, CST and
sludge temperature increase (∆T), as well as microscopic examination, were determined only in the
sludge samples. Whereas, the biogas volume and composition (CH4, CO2, H2S) were measured during
sludge anaerobic digestion. The list of methods/devices used for sludge samples analysis, before and
after UD and/or AD processes (including type of the obtained effects) are shown in Table 2.

Table 2. The list of methods used in this study.

Parameter Methods/Devices Reference Type of Effects

pH Electrometric method;
Multi HQ40D (Hach Lange) PN-EN 12176:2004 [27] Direct; Technological

TS Weight method (at 105 ◦C) PN–EN 12880:2004 [28] Technological;

VS Weight method (at 550 ◦C) PN–EN 12879:2004 [29] Technological

SCOD0; SCODUD

Potassium dichromate method;
measurement tests LCI 400, LCK

014 (Hach Lange);
UV–VIS DR 5000

ISO 15705:2002 [30] Direct

NTOT

Potassium oxidation method
measurement tests LCK 238 (Hach

Lange); UV–VIS DR 5000
ISO 11905-1:1997 [31] Direct, Technological
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Table 2. Cont.

Parameter Methods/Devices Reference Type of Effects

PTOT

Ammonium molybdate method;
measurement tests LCK 350 (Hach

Lange); UV–VIS DR 5000
ISO 6878:2004 [32] Direct, Technological

Proteins Folina—Ciocalteau reagent;
UV–VIS DR 5000 Lowry et al., 1951 [33] Direct

Carbohydrates
Phenol-Sulphuric acid reaction

method;
UV–VIS DR 5000

Dubois et al., 1956 [34] Direct

CST Quantity measurement;
Capillary suction timer (Envolab)

PN–EN 14701–1:2007
[35] Direct, Technological

∆T Quantity measurement;
Digi—Sense (Cole—Parmer) - Direct

Flocs disruption
Optical microscopy;

Optical microscope (MOTIC
BA400)

- Direct

Biogas production Quantitative measurement;
MULTITEC 540 gauge (Sewerin) - Technological

Biogas composition
Qualitative measurement;

CH4 and CO2 (% vol.), H2S (ppm);
MULTITEC 540 gauge (Sewerin)

- -

TS—total solids; VS—volatile solids; SCOD0—SCOD of the supernatant of the original sludge; SCODUD—SCOD
value of the supernatant of the disintegrated sludge; TN—total nitrogen; TP—total phosphorus; CST—capillary
suction time; ∆T—temperature increase.

2.2. Experimental Design and Operating Conditions

2.2.1. Ultrasonic Disintegration

Two different experimental ultrasonic devices were applied for WAS ultrasonic disintegration.
The first device (A) consists of disintegrator of high power disintegrator WK-2010, equipped with
“sandwich” head and “lens” emitter (designed and manufactured by SemiInstruments, Zabrze, Poland).
This device is also equipped with a gauge allowing to read the frequency, as wells as with a steel
chamber where the UD of sludge samples takes place. The second device (B) consists of ultrasonic
washer which is a rectangular chamber, equipped with a single “flat” emitter of “sandwich” type
placed in the bottom of the chamber (designed and manufactured by ZUT Intersonic S.C., Olsztyn,
Poland). The technical characteristics and operating conditions of the experimental devices are shown
in Table 3.

Table 3. Technical characteristics and operating conditions of the experimental ultrasonic devices.

Parameter Symbol Unit WK-2010 Ultrasonic Washer

Power P W 650 90
Frequency f kHz 25 25

Number of emitters - - 1 1
Emitter surface area AE cm2 78.5 19.6

Emitter diameter dE cm 10 5
Emitter position hE cm 1 1 built

Chamber dimensions idc × dc cm 14 × 7 2 15 × 13.7 × 20 3

Chamber volume VC mL 1000 2000
1 emitter position relative to the sludge mirror; 2 dimension of chamber for sludge UD (ultrasonic disintegration) in
relation to WK-2010 (internal diameter, depth); 3 internal dimensions of the ultrasonic washer (front, side, depth).

The WAS samples pretreatment were performed under a constant energy supply (over time)
per sludge volume, i.e., EV = 160 kWh·m−3 (ES—in the range of 10,868–23,226 kJ·kg−1 TS; app.
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15,111 kJ·kg−1 TS). Sludge samples were disintegrated for: 267 s (WK-2010) and 1920 s (ultrasonic
washer). The sample volume was constant and equal V = 0.3 L. The ultrasonic density (UD) for each
of experimental device was as follows: 2.2 W·cm−3 (WK-2010) and 0.3 W·cm−3 (ultrasonic washer).
Whereas, the ultrasonic intensity (UI) was: 2.6 W·cm−2 (WK-2010) and 1.9 W·cm−2, respectively.
The above conditions were the most favorable ones and were determined in the course of previously
carried out studies. The variable parameter during sludge UD was the amount of specific energy (ES),
which depends on TS content. The values characterizing the ultrasound field and the amount of energy
supplied to the process were calculated by the following Equations (1)–(4):

EV =
P × t

V
(1)

ES =
P × t

V × TS
(2)

UD =
P
V

(3)

UI =
P

AE
(4)

where: EV—energy supplied per sludge volume (kWh·m−3) [16]; ES—specific energy (kJ·kgTS
−1) [17];

UD—ultrasonic density (W·cm−3) [36]; UI—ultrasonic intensity (W·cm−2) [16]; P—power of the
ultrasonic generator (W; kW); V—volume of a sludge sample (m3·cm3); t—sonication time (s); TS—total
solids; (g·L−1); AE—surface area of the disintegration (cm2).

2.2.2. Anaerobic Digestion

The anaerobic digestion was conducted in the installation consisting of the anaerobic glass
digesters with a working volume of 0.5 L, water bath—in order to maintain a constant temperature,
columns to collect and measure the volume of evolved biogas and MULTITEC 540 gauge (Sewerin,
Warszawa, Poland)—applied for composition analysis. AD was conducted under mesophilic
conditions (37 ◦C ± 0.5 ◦C) over 20 days, each time. The examined sample was a mixture of:
digested sludge (30%) collected from the fermentation chamber of the Central WWTP in Gliwice
and ultrasonically pretreated one (70%) from the same WWTP. Control sample constituted mixture of
untreated and digested sludge. During the AD process each digester was shaken manually three times
per day to prevent the sludge from settling. The process was conducted once a month (for a period
of 7 months). The research position was made by Wytwórnia Przyrządów Laboratoryjnych (WPL)
Gliwice, according to DIN 38414-8:1985 [37].

2.3. Direct and Technological Effects

In order to determine the direct and technological effects of sludge UD process, selected indicators
were used (defined in Section 2.3.1). The assessment of the direct effects included changes of: pH value,
concentration of SCOD, PTOT, NTOT, proteins and carbohydrates, as well as CST measurement and
sludge flocs optical microscopy analysis. Whereas, the technological effects observed after completion
of sludge AD included the same parameters as for the direct once (except SCOD, extracellular polymeric
substances (EPS) and microscopic analysis). Moreover, process of AD was also controlled by the volume
and composition of the evolved biogas, as well as by measuring the rate of TS and VS reduction.

2.3.1. Indicators of the Direct and Technological Effects

In order to evaluate the direct and technological effects of WAS ultrasonic disintegration,
a comprehensive analysis of the obtained results was conducted. The disintegration degree (DDCOD)
was determined using indicator proposed by Müller [14] (Equation (4). Whereas, the magnitude of
the obtained effects was assessed using author’s indicators (IDi, ITi, ITd) based on the ratio of the
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concentration or value of specific compound resulting from changes in the sludge characteristics, as a
result of its pretreatment [13] (Equations (5) and (7)):

DDCOD =
SCODUD − SCOD0

SCODNaOH − SCOD0
× 100 (5)

where: DDCOD—disintegration degree of (%), SCOD0 and SCODUD—supernatant COD of the original
and disintegrated sample (mg·L−1), SCODNaOH—the maximum CODNaOH obtained by alkaline
hydrolysis (0.5 M NaOH, ratio of 1:1 for 22 hours at 20 ◦C) (mg·L−1).

IDi; ITi =
CUD

CNUD
(6)

IDd; ITd =
CNUD

CUD
(7)

where: IDi—direct effects indicator relating to the increase of concentration or value of specific
compound in sludge/supernatant, in the process of UD; ITi—technological effects indicator relating to
the increase of concentration or value of specific compound in sludge/supernatant, in the process of
UD, observed after AD; IDd—direct effects indicator relating to the decrease of concentration or value
of specific compound in sludge/supernatant, in the process of UD; ITd—technological effects indicator
relating to the decrease of concentration or value of specific compound in sludge/supernatant, in the
process of UD, observed after AD; CNUD and CUD—concentration or value of a specific compound in
the sludge/supernatant of non—disintegrated and disintegrated sludge, respectively (mg·L−1), (s).

2.4. Statistical Analysis

In order to evaluate the obtained results, a comprehensive statistical analysis was conducted.
The calculations were performed with Statistica 12.0 (StatSoft) and Excel 2013 (Microsoft Office
Standard). To check the differences in the mean concentrations of specific compounds between
related groups of variables (sludge characteristics before and after UD and AD processes), T-Test
was used. The occurrence of a linear correlation between analyzed variables was evaluated by
Pearson’s correlation coefficient (r). To determine whether any of the differences between the means
are statistically significant, one-way analysis of variance (ANOVA) was used. Tests were carried out
with a confidence level of 95%.

3. Results and Discussion

3.1. Direct Effects

The characteristics of WAS before and after ultrasonic pretreatment are shown in Table 4.
The values of parameters analyzed in WAS (collected periodically for 7 months), were in the range of:
6.9–7.2 (pH); 24.8–53.2 g·L−1 (TS); 24.8–53.2 g·L−1 (VS); 46.6–82.7 mg·L−1 (SCOD); 8.2–12.4 mg·L−1

(NTOT), 16.2–37.7 mg·L−1 (PTOT); 624.6–1228.2 mg·L−1 (proteins); 241.7–821.7 mg·L−1 (carbohydrates)
and 7–13 s (CST). Among all examined parameters, the pH was characterized by the lowest variability
(CV = 2.0%), whilst the concentration of carbohydrates by the highest one (CV = 35.6%).

As a result of WAS pretreatment, the pH value slightly decreased and was in the range from 6.7 to
7.2 and 6.5 to 7.1, for sludge disintegrated in the WK-2010 (WAS_A) and ultrasonic washer (WAS_B),
respectively. The highest variability was observed for sludge pretreated in the ultrasonic washer (CV
= 2.7%). The decrease of pH was also confirmed by IDdpH, which values were lower than 1.0 (for
this reason, it was not included in Figure A1). The above observations were in good agreement with
author’s previous research [13]. The influence of ultrasonic pretreatment on decreasing of pH value,
was also confirmed by other scientist [38], who claimed that it is probably posed by formation of acidic
compound resulted from flocs disintegration. Whereas, other researches indicated that ultrasonic
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pretreatment did not change the pH of sludge [39]. It was also suggested that for effective sludge
ultrasonic disintegration, the value of pH must be adjusted to a suitable level [15,40].

Table 4. The characteristics of the WAS before and after ultrasonic pretreatment—direct effects (n = 7).

Parameter Unit
WAS_NUD WAS_A WAS_B

Mean; CV

pH - 7.0 (2.0%) 6.9 (2.2%) 6.8 (2.7%)
TS g·L−1 41.1 (26.9%) - -
VS g·L−1 29.8 (29.2%) - -

SCOD0 /SCODUD mg·L−1 66.8 (22.8%) 1061.7 (34.8%) 4573.4 (39.2%)
NTOT mg·L−1 10.9 (16.3%) 139.9 (23.8%) 470.4 (37.5%)
PTOT

1 mg·L−1 25.1 (31.4%) 135.6 (22.5%) 177.0 (18.7%)
Proteins mg·L−1 888.9 (24.9%) 784.0 (35.1%) 927.5 (29.2%)

Carbohydrates mg·L−1 598.4 (35.6%) 480.7 (47.5%) 507.0 (46.9%)
CST s 9.0 (24.8%) 343.1 (70.0%) 1175.1 (10.2%)
∆T ◦C - 14.0 (39.7%) 34.0 (29.5%)

WAS_NUD—WAS before pretreatment; WAS_A—WAS after pretreatment in the WK-2010; WAS_B—WAS
after pretreatment in the ultrasonic washer; CV—coefficient of variation; TS—total solids; VS—volatile
solids; SCOD0—SCOD of the supernatant of the original sludge; SCODUD—SCOD value of the supernatant
of the disintegrated sludge; TN—total nitrogen; TP—total phosphorus; CST—capillary suction time;
∆T—temperature increase.

The concentrations of SCOD in the supernatant after sludge pretreatment, were in the range of
741.0–1827.0 mg·L−1 (WAS_A) and 1842.0–6935.0 mg·L−1 (WAS_B). Higher variability of examined
parameter was observed for sludge undergone disintegration in the ultrasonic washer (CV = 39.2%).
The biggest increase of SCOD concentration in the sludge supernatant was noted in July and September,
when the TS content was in the range of 24.8–35.5 g·L−1. The above observations were confirmed by
DDCOD and IDiSCOD, which maximum values amounted: 37.5 and 91.7% (Figure 1), as well as 24.1;
113.0 (Figure A1) for WAS pretreated in WK-2010 and ultrasonic washer, respectively. The influence
of TS content on SCOD release was also confirmed by the other researchers, who claimed that its
optimal value should be in the range of 2.0–3.2% [11,41]. However, there have been many studies
reporting an increase of SCOD concentration in the supernatant after sludge ultrasonic pretreatment.
For example, it was indicated that after 40 min of sludge pretreatment conducted at ES = 9690 kJ·kg–1

TS,
DDCOD reached 57.9% [18]. Moreover, other researchers indicated that the SCOD solubilisation and
disintegration degree may depend on the amount of energy input, sonication time or frequency of
ultrasonic wave [3,10,16]. However, there is one more important factor, which affects the release of
SCOD into supernatant, i.e., the increase of sludge temperature. The conducted experiment showed,
that depending on the type of device used for sludge sonication, the increase of sludge temperature
ranged from 8 to 22 ◦C (WK-2010) and 32 to 37 ◦C (ultrasonic washer). Furthermore, the highest values
of ∆T were observed at the lowest TS content and amounted: 22 and 37 ◦C, respectively (Figure 2).
The above observations were confirmed by other researcher, who indicated that at a constant energy
input (EV = 100 kWh·m−3), higher increase of sludge temperature was obtained at lower TS content, i.e.,
from 27.2 to 38.2 ◦C at TS = 2.0% and 18.0 to 29.0 ◦C at TS = 4.2% [23]. Moreover, the results of another
research revealed, that the increase of sludge temperature may increase linearly with increasing value
of specific energy input to the process, i.e., temperature of sludge increased from 22 ◦C in original
sample to 72 ◦C for disintegrated one, at a maximum ES = 15,880 kJ·kg−1 TS [18]. It is important to
note that, the increase of WAS temperature during ultrasonic pretreatment generally has a positive
influence on sludge solubilisation, but to avoid of any undesirable effects relating, e.g., with recycling
back of leachate (generated after sludge pretreatment) to the biological process, it must be undergo
testing and further controlled.
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Figure 1. Evolution of disintegration degree (DDCOD) vs total solids (TS) and volatile solids (VS)
content of waste activated sludge (WAS).

Int. J. Environ. Res. Public Health 2018, 15, x 9 of 21 

 

 

Figure 1. Evolution of disintegration degree (DDCOD) vs total solids (TS) and volatile solids (VS) 
content of waste activated sludge (WAS). 

 

Figure 2. Evolution of disintegration degree ( DDCOD) vs temperature increase (ΔT) of waste activated 
sludge (WAS). 

In order to compare the changes in flocs structure, occurring as a result of WAS pretreatment, 
three samples were selected and subjected to microscopic examination. They differed in TS content. 
The first one (S1) was characterized by a lowest TS (24.8 g·L−1); second one (S2) by mean (35.5 g·L−1) 
and third one by a highest TS content (53.2 g·L−1), among of all samples analyzed during seven months 
of the experiment conducting. The collection of above samples was conducted in: September, July 
and January, respectively. The results were presented depending on the type of disintegrator used 
for sludge pretreatment, i.e., WK-2010 (A1–A3) and ultrasonic washer (B1–B3) (Figure 3). The optical 
microscopy analysis indicated significant differences in the flocs structure before and after sludge 
pretreatment. The most visible changes were observed for WAS disintegrated in the ultrasonic 
washer. A strong breakdown and dispersion of the flocs were observed. The experiment showed, 
that both sludge characteristics and technical conditions of process conducting, have a considerable 
impact on the sludge structure. The above observations were confirmed in author’s previous studies 
[13,24]. Moreover, the usefulness of microscopic analysis in assessing the direct effects of sludge 
ultrasonic disintegration, has also been demonstrated by other researchers [5,17]. 

0.0

10.0

20.0

30.0

40.0

50.0

60.0

0.0

20.0

40.0

60.0

80.0

100.0

VII VIII IX X XI XII I

TS
, V

S 
(g

·L
-1

)

D
D

C
O

D
(%

)

Month

TS

VS

DD_A

DD_B

0.0

10.0

20.0

30.0

40.0

0.0

20.0

40.0

60.0

80.0

100.0

VII VIII IX X XI XII I

Δ
T 

(°
C

)

D
D

C
O

D
(%

)

Month

DD_A

DD_B

Δ T_A

Δ T_B

Figure 2. Evolution of disintegration degree (DDCOD) vs temperature increase (∆T) of waste activated
sludge (WAS).

This study revealed that ultrasonic pretreatment of WAS increased the concentration of biogenic
substances in the sludge supernatant. The concentration of total nitrogen ranged from 99.5 to
196.0 mg·L−1 (WAS_A) and 210.0 to 719.0 mg·L−1 (WAS_B), while for the total phosphorus from 91.5
to 187.0 mg·L−1 and 126.0 to 223.0 mg·L−1, respectively. The concentration of NTOT was characterized
by higher variability during the experiment duration. The value of CV for NTOT and PTOT were in
the range of 23.8–37.5% and 18.7–22.5%, respectively. Almost for all examined sludge samples, the
highest values of IDiNTOT and IDIPTOT were obtained in October, i.e., 20.0 (WAS_A), 63.6 (WAS_B) and
8.7 (WAS_A); 11.4 (WAS_B) respectively (Figure A1), while the lowest in January. The above effects
were probably additionally strengthened by the increase of temperature during sludge ultrasonic
pretreatment. The obtained results are in good agreement with author’s earlier research [13]. Moreover,
in the scientific papers little attention is given to the release of biogenic substances in the supernatant
during the ultrasonic pretreatment of sludge. However, some of the conducted research indicated that
increase of specific energy increased the concentration of total nitrogen and phosphorus by 716% and
207.5%, respectively (at ES = 9690 kJ·kg−1 TS) [18]. It is important to note that most part of nitrogen
and phosphorus in the sludge supernatant existed in the form of organic products. Thus, the increase
of biogenic substances concentration in the supernatant after sludge pretreatment may be associated
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with the concentration of SCOD or extracellular polymeric substances [17,18]. The above finding was
confirmed in this work.

As a result of ultrasonic disintegration of WAS, for most of the analyzed sludge samples the
decrease in proteins concentration were observed. The only exception was shown for the sludge
samples pretreated in ultrasonic washer, where the increase of proteins content was observed (except
of September and November, when TS content was the lowest and ∆T almost the highest). The proteins
concentration in the supernatant fluctuated in the range from: 465.3 to 1213.5 mg·L−1 (WAS_A) and
618.5 to 1310.9 mg·L−1 (WAS_B). The above results were confirmed by the values of IDiPROT. and
IDdPROT., which ranged from: −1.0 to −1.4 (WAS_A) and −1.3 to 1.3 (WAS_B) (Figure A1). Moreover,
similar observations were made for carbohydrates, where their concentration in the supernatant was in
the range of: 108.3–754.2 mg·L−1 (WAS_A) and 115.0–790.0 mg·L−1 (WAS_B). The values of IDdCARBS

amounted: −1.1 to −2.2 (WAS_A) and −1.0 to −2.1 (WAS_B) (Figure A1). The highest variability
of above extracellular polymeric substances was observed for sludge samples disintegrated in the
WK-2010, i.e., CV = 35.1% and CV = 47.5%, for proteins and carbohydrates, respectively. Moreover,
sum of EPS, during whole time of experiments duration were decreased. The obtained results were in
the good agreement with those obtained by other researchers. For example, it was claimed that the
increase of EPS concentration in the supernatant after sludge ultrasonic pretreatment (ES in the range
of 0.1–50 kJ·kg−1 TS) increased the concentration of above substances initially, but with increasing
energy supplied to the process their content decreased [19]. Whereas, other researchers indicated that
ultrasonic pretreatment of WAS, conducted at high level of specific energy (up to 26,000 kJ·kg−1 TS)
increased the concentration of EPS in the sludge supernatant [17]. However, it must be emphasized,
that in the above mentioned study, sludge temperature raised only by 4 ◦C. It is important to note that
proteins and carbohydrates constitute one of the most important components of EPS (they are part
of sludge flocs). Thus, its presence in sludge play a significant role in regulating sludge dehydration
ability [42], which was confirmed in this work. For example, some researchers indicated that sludge
dewaterability may initially increase with the increase of EPS and then decreased when EPS content
exceeded a certain threshold [43].

Ultrasonic pretreatment of WAS caused deterioration of the sludge dewaterability expressed by
the increase of CST value, which ranged from 147 to 627 (A) and 1042 to 1396 (B). The highest values
of CST were noted in September, while the lowest in January, when the TS content was 24.8 g·L−1 and
53.2 g·L−1, respectively. The values of IDiCST were in the range of 6.2–102.6 (WAS_A) and 78.2–199.4
(WAS_B) (Figure A1). Similar observations were made by other researcher, who claimed, that at
constant energy input to the process of sludge ultrasonic pretreatment, higher values of CST were
obtained at lower TS content [11]. Other scientists indicated that CST may increase with an increase of
specific energy input to the process [7]. Moreover, generally it was revealed that CST = 20 s is regarded
as representative for a good dewatered sludge [44]. In this study, deterioration of sludge dewaterability
was probably caused by the fragmentation of solid fraction and weakens the internal structure, which
resulted in the increase of sludge surface characterized with very small particles. Deterioration of the
sludge dehydration could also be associated with the release of EPS during sludge pretreatment [42].

In order to compare the changes in flocs structure, occurring as a result of WAS pretreatment,
three samples were selected and subjected to microscopic examination. They differed in TS content.
The first one (S1) was characterized by a lowest TS (24.8 g·L−1); second one (S2) by mean (35.5 g·L−1)
and third one by a highest TS content (53.2 g·L−1), among of all samples analyzed during seven months
of the experiment conducting. The collection of above samples was conducted in: September, July
and January, respectively. The results were presented depending on the type of disintegrator used
for sludge pretreatment, i.e., WK-2010 (A1–A3) and ultrasonic washer (B1–B3) (Figure 3). The optical
microscopy analysis indicated significant differences in the flocs structure before and after sludge
pretreatment. The most visible changes were observed for WAS disintegrated in the ultrasonic washer.
A strong breakdown and dispersion of the flocs were observed. The experiment showed, that both
sludge characteristics and technical conditions of process conducting, have a considerable impact on
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the sludge structure. The above observations were confirmed in author’s previous studies [13,24].
Moreover, the usefulness of microscopic analysis in assessing the direct effects of sludge ultrasonic
disintegration, has also been demonstrated by other researchers [5,17].Int. J. Environ. Res. Public Health 2018, 15, x 10 of 21 
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Figure 3. Photomicrographs of the: non-disintegrated (01–03) and disintegrated WAS (A–WK-2010;
B–ultrasonic washer) at different total solids (TS) content: 24.8; 35.5 and 53.2 g·L−1, respectively (100×
magnification).

3.2. Technological Effects

The characteristics of inoculum, as well as samples containing untreated or disintegrated WAS
(mixed with inoculum), before (S_0; S_A; S_B, respectively) and after the process of AD (S_0*; S_A*;
S_B*, respectively) are shown in Table 5.

It was indicated that mixtures containing WAS after ultrasonic pretreatment (S_A; S_B), were
characterized by higher concentrations and values of examined parameters, compared to the control
sample (S_0). The highest variability in the mixtures before AD was expressed by PTOT concentration
and CST values. Similar relations were observed in with reference to mixtures after AD process. For
both samples, before and after AD, the lowest variability was observed for pH value.

The conducted experiment indicated, that after AD process, following changes in the examined
mixtures were observed: the increase of pH, NTOT and PTOT concentration, as well as the reduction of
TS and VS content and increase of biogas production. While, CST values were generally decrease. The
above observations were confirmed by ITi and ITd (Figure A2). Moreover, due to the low values of
ItipH (<1.0), this parameter was not included in Figure A2.
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As a result of ultrasonic disintegration of WAS, in the mixture derived from anaerobic digestion
process a high increase of NTOT and PTOT concentration, were observed. The values of ITiNTOT

and ITiPTOT ranged: 3.2–5.5; 2.5–4.9; 1.6–4.0 and 3.1–4.9; 1.4–2.9; 1.2–2.5, for S_0*; S_A* and S_B*,
respectively (Figure A2). The lowest increase of above mentioned parameters was observed for the
mixtures containing sludge after pretreatment in the ultrasonic washer, for which the temperature
increase was the highest. It was also indicated, that the increase of biogenic substances in sludge
supernatant after AD process was higher in the control sample. The above observations were confirmed
by author’s previous work, in which ITiNTOT values for the reference samples were in the range of
3.2–5.7 and for mixtures containing disintegrated sludge equaled 2.4–5.5. While in respect to ITiPTOT,
those values were from 3.5 to 4.9 and 1.5 to 2.8, respectively [13]. Moreover, the increase of biogenic
substances in the supernatant after anaerobic digestion of WAS, was associated with the increase of
TS and VS content, as well as the decrease of CST value in the samples before the process, which
resulted from characteristics of sludge undergone ultrasonic disintegration. Furthermore, the changes
in the concentration of total nitrogen in the supernatant after and before sludge AD, were correlated
with the increase of biogas production. Whereas, in the case of the total phosphorus, changes in the
concentration of this compound, were related with the amount of evolved biogas. The increase in
concentration of biogenic substances in the supernatant after sludge AD, was also observed by other
researchers [45]. Moreover, these findings can be positive with respect to necessity of recycling the
leachate generated after dehydration of digested sludge into the technological line of WWTP.

The reduction of TS and VS content in the samples containing sludge after UD was in the ranged
of: 17.8–26.8%; 22.6–29.6% and 29.5–35.6%; 33.1–38.0%, for S_A*; S_B*, respectively. It was showed that
the obtained TS and VS reduction was higher in comparison to the control sample by: 4.1; 8.0% and 5.8;
9.5%, for S_A*; S_B*; respectively (Figure 4). The highest decrease of TS and VS content was observed
for samples containing WAS after pretreatment in the ultrasonic washer, compared to the control
sample. Moreover, the reduction of TS and VS content increased the biogas production. The above
results were in good agreement with other researchers, who stated, that ultrasonic pretreatment of
sludge, increased VS reduction and biogas production by: 19% and 26%, respectively [46]. Whereas,
the results of other investigation, indicated that ultrasonic pretreatment of sludge prior anaerobic
digestion, ensured: 12% increase of TS content, compared to the control sample [21].
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Figure 4. Total solids (TS) and volatile solids (VS) reduction after anaerobic digestion (AD) process.

The changes of CST values in the sludge mixtures after anaerobic digestion revealed, that the best
effects of sludge dehydration were obtained for samples containing WAS, after pretreatment in the
ultrasonic washer. The values of ITiCST and ITdCST were in the range of: −1.3 to 2.8; −3.9 to 2.4; −1.8
to −7.6, for S_0*; S_A* and S_B*, respectively (Figure A2). The best effects were obtained in the first,
third and fourth month of experiments procurement. The obtained results are probably dependent
on the characteristic of sludge samples after ultrasonic pretreatment, i.e., the worse susceptibility of
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sludge to dewatering (larger surface area of the flocks), the greater degree of sludge defragmentation,
which favors the course of the anaerobic digestion process [8]. The above observations were in a good
agreement with those obtained by other researchers, who achieved 49% reduction of CST after AD
process of disintegrated sludge, compared to control sample [47]. Whereas, other scientists reported a
7-fold decrease of CST value (from 2000 s to 267 s) in the examined sludge, in compare to reference
sample [48].

The amount of total biogas production observed after the process of sludge anaerobic digestion is
presented in Figure 5. Obtained results confirmed the positive effect of WAS ultrasonic pretreatment
on the increase of biogas production. The higher volume of evolved biogas was obtained for a
mixture containing disintegrated sludge, i.e., 13.0% (S_A*) and 19.7% (S_B*), in compare to control
sample. The amount of biogas production did not undergoing a large variability during the experiment
conducting, regardless of the technical conditions of WAS pretreatment, before AD process. The highest
volume of evolved biogas was obtained from the mixture containing sludge after pretreatment in
the ultrasonic washer (2411 cm3). The above observations were in a good agreement with the results
obtained by other researchers. For example, it was stated that ultrasonic pretreatment of WAS at
20 kHz and P = 200 W, increased biogas production by 6.3% [40]. Whereas, other scientists achieved
of 8.6% to 31.4% improvement of biogas production, conducting ultrasonic disintegration, at specific
energy, in the range of: 15,000 to 35,000 kJ·kg−1 TS [10].
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Figure 5. Biogas production after anaerobic digestion (AD) process.

This study revealed, that there were no significant differences between the qualities of biogas
originating from the mixtures containing untreated and disintegrated WAS. The concentrations of
CH4, CO2 and H2S ranged from: 65.3 to 67.9% and 25.6 to 25.9%, as well as <1.0 ppm, respectively
(Table 5). Similar composition of evolved biogas was indicated by other researchers, i.e., CH4 from 50
to 70%; CO2 from 25 to 30% and H2S, H2, N2 < 1% [49,50].

3.3. Statistical Analysis

In order to present the effects of ultrasonic disintegration as a function of WAS characteristics and
technical conditions of the conducted process, a comprehensive analysis was carried out. In order
to determine if there are any significant differences between examined variables, expressed as the
changes in the characteristics of WAS before and after ultrasonic disintegration the T-Test was used.
The strength of the relationship between periodical changes in the WAS characteristics (parameters)
and obtained effects, was expressed as Pearson’s correlation coefficient (r). Moreover, to indicate
the differences between effects obtained in various technical conditions (disintegrators) of process
conducting, the one-way analysis of variance (ANOVA) was carried out.
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3.3.1. Analysis of Direct Effects

The results of T-Test confirmed existence of significant differences in the characteristics of WAS
before and after ultrasonic pretreatment (p < 0.05). The only exceptions were: pH for samples
disintegrated in WK-2010, as well as proteins for ultrasonic washer (p > 0.05) (Table A1).

The results of Pearson’s correlation are shown in Table A2 (WK-2010) and Table A3 (ultrasonic
washer). A detailed analysis of correlation matrix revealed the existence of different relationships
between the characteristics of sludge supernatant before and after WAS pretreatment. Moreover, apart
from the statistically significant correlations, the ones for which “r” was higher than 0.65, were also
taken into consideration. Taking into account the number of correlations between analyzed variables,
it can be stated that the most important characteristics of WAS, which affects the magnitude of the
direct effects, are: TS, VS, ∆T > EPS > SCOD > CST > NTOT, PTOT > pH. Moreover, data analysis also
indicated that, the increase of sludge temperature during ultrasonic pretreatment of WAS exerted a
significant impact on its final characteristics.

3.3.2. Analysis of Technological Effects

The T-Test results showed a significant differences in the characteristics of mixtures consisting of
inoculum and pretreated WAS, prior and after anaerobic digestion (p < 0.05). The only exception was:
CST for samples containing WAS after pretreatment in the ultrasonic washer (p > 0.05) (Table A4).

Furthermore, the results of Pearson’s correlation revealed statistically significant differences
between the characteristics of mixtures prior and after completion of anaerobic digestion (Tables A5
and A6). The above observations occurred regardless of the technical conditions of ultrasonic
disintegration. In conclusion, it was found that the most important sludge parameters, which affect
the magnitude of the technological effects, are: TS, VS > CST > NTOT, PTOT > pH. The sequence of
above parameters was determined based on the number of correlations between analyzed variables.
Moreover, taking into account VS reduction and increase of biogas production, it can be said that
increase of sludge temperature during ultrasonic disintegration most likely causes the difference in
its biodegradation.

3.3.3. Analysis of Technological Conditions of Process Conducting

The analysis of variance (ANOVA) showed that in the case of direct effects, there is a basis
for rejecting the null hypothesis (H0) on the about the absence of statistically significant differences
between the variables in considered groups (except pH, proteins and carbohydrates) (Table A7).
It means, that above mentioned effects differ depending on the type of experimental device used in
the process (p < 0.05). Whereas, the results of statistical analysis in accordance to technological effects
indicated existence of significant differences between analyzed variables, but only in the case of changes
in the CST values (Table A8). It means that technological effects are dependent on the characteristics
of sludge subjected to ultrasonic disintegration, but only indirectly. However, in contradiction to
results of the analysis of variance, the values of disintegration indicators indicated that there were a
differences in the magnitude of technological effects depending on the type of experimental device
used in the process of WAS ultrasonic disintegration.

In conclusion, according to the results of statistical analysis and values of applied indicators, it
could be inferred that the most promising conditions for ultrasonic pretreatment of WAS (conducting
at constant energy input), are: low power, long sonication time, large surface area of the emitter.

4. Conclusions

This article presents the results of a comprehensive analysis of direct and technological effects of
disintegration as a function of periodical changes in the characteristics of WAS, as well as technical
conditions of the conducted process. In this purpose selected parameters were considered, i.e.,
pH value, SCOD, NTOT, PTOT, proteins and carbohydrates concentrations, CST value, floc disruption,
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TS and VS content, before and after sludge ultrasonic disintegration or anaerobic digestion. To
evaluation of direct and technological effects the commonly applied (DDCOD) and author’s (IDi, IDd)
indicators were used.

As a result of ultrasonic pretreatment, in the sludge or supernatant the increase of all examined
parameters, except proteins and carbohydrates, were observed. Moreover, it was also showed that after
completion of sludge anaerobic digestion, the increase of pH, NTOT and PTOT concentration, sludge
dewaterability, as well as the reduction of TS and VS content and increases of biogas production were
observed. Furthermore, the conducted experiment revealed that ultrasonic disintegration reduces the
content of biogenic substances in the sludge supernatant after its anaerobic digestion. This information
is positive, especially with respect to necessity of recycling the leachate, generated after dehydration of
sludge undergone anaerobic digestion into the technological line.

The result of T-Test showed that there were significant differences between the characteristics of
untreated and disintegrated WAS, regardless of the technological conditions of process conducting.
The above observations were related both to direct and technological effects. Whereas, Pearson’s
correlation confirmed, that changes in the characteristics of untreated WAS influencing effects of
ultrasonic pretreatment. It was indicated that, the most important parameters, which affected the
magnitude of the direct and technological effects, were: TS, VS, ∆T > EPS > SCOD > CST > NTOT, PTOT

> pH and TS, VS > CST > NTOT, PTOT > pH, respectively. Furthermore, the analysis of variance showed,
that the most significant differences between the effects obtained in various experimental devices
were observed for: SCOD, NTOT, PTOT, CST, ∆T (direct effects) and CST (technological effects). It was
found, that the most favorable effects of sludge ultrasonic pretreatment can be obtained conducting
the process in the device characterized with low power, long sonication time and large surface area of
the emitter. The results obtained in this study also confirmed the significant impact of the increase of
sludge temperature during ultrasonic disintegration on the obtained effects.
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Appendix A

Table A1. The results of T-Test—direct effects.

Variables WAS_A WAS_B

pH 0.149546 0.021015 *
SCOD 0.000456 * 0.000558 *
NTOT 0.000060 * 0.000463 *
PTOT 0.000037 * 0.000010 *

Proteins 0.018871 * 0.478267
Carbohydrates 0.000543 * 0.000457 *

CST 0.010617 * 0.000000 *
T 0.000540 * 0.000000 *

* bold—significant, p < 0.05; SCOD—soluble chemical oxygen demand; NTOT—total nitrogen; PTOT—total
phosphorus; CST—capillary suction time; T—temperature.
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Table A2. Pearson’s correlation coefficients for the direct effects of WAS ultrasonic disintegration
WK-2010).

Variables pH SCOD NTOT PTOT Proteins Carbohydrates CST

pH 0.00 −0.37 −0.17 −0.35 −0.30 −0.05 −0.01
SCOD −0.32 −0.75 ** −0.56 0.19 0.42 0.68 ** −0.71 **
NTOT 0.29 −0.72 ** −0.61 −0.10 0.37 0.85 * −0.87 *
PTOT −0.51 −0.20 −0.74 0.54 0.70 0.46 −0.39

Proteins −0.68 ** −0.35 −0.27 0.92 * 0.96 * 0.57 −0.48
Carbohydrates −0.21 −0.88 * −0.43 0.45 0.79 * 0.98 * −0.97 *

CST −0.44 −0.65 ** −0.60 0.47 0.66 ** 0.75 ** −0.72 **
TS −0.31 −0.85 * −0.54 0.37 0.70 ** 0.90 * −0.94 *
VS −0.43 −0.83 * −0.52 0.51 0.80 * 0.90 * −0.92 *
∆T 0.47 0.84 * 0.53 −0.52 −0.80 * −0.87 * 0.88 *

* bold—significant correlations, p < 0.05; ** non-significant correlations taken into account in statistical analysis
(r ≥ 0.65); SCOD—soluble chemical oxygen demand; NTOT—total nitrogen; PTOT—total phosphorus; CST—capillary
suction time; ∆T—temperature increase.

Table A3. Pearson’s correlation coefficients for the direct effects of WAS ultrasonic disintegration
(ultrasonic washer).

Variables pH SCOD NTOT PTOT Proteins Carbohydrates CST

pH 0.21 0.44 0.60 −0.16 −0.36 −0.07 −0.24
SCOD −0.28 0.04 0.06 0.25 0.33 0.65 ** −0.79 *
NTOT 0.29 0.22 0.02 −0.01 0.53 0.84 * −0.58
PTOT −0.42 −0.55 −0.51 0.55 0.51 0.44 −0.34

Proteins −0.66 ** −0.92 * −0.95 * 0.95 * 0.87 * 0.58 −0.58
Carbohydrates −0.21 −0.31 −0.47 0.56 0.88 * 0.98 * −0.91 *

CST −0.48 −0.28 −0.31 0.44 0.57 0.73 ** −0.74 **
TS −0.28 −0.17 −0.26 0.46 0.67 0.88 * −0.91 *
VS −0.40 −0.32 −0.40 0.60 0.75 ** 0.89 * −0.94 *
∆T 0.59 0.43 0.50 −0.71 ** −0.77 * −0.76 * 0.94 *

* bold—significant correlations, p < 0.05; ** non-significant correlations taken into account in statistical analysis
(r ≥ 0.65); SCOD—soluble chemical oxygen demand; NTOT—total nitrogen; PTOT—total phosphorus; CST—capillary
suction time; ∆T—temperature increase.

Table A4. The results of T-Test—technological effects.

Variables WAS_A WAS_B

pH 0.019198 * 0.000932 *
TS 0.000013 * 0.000003 *
VS 0.000009 * 0.000005 *

NTOT 0.000113 * 0.000463 *
PTOT 0.023667 * 0.047379 *
CST 0.191863 0.000351 *

* bold—significant, p < 0.05; TS—total solids; VS—volatile solids; NTOT—total nitrogen; PTOT—total phosphorus;
CST—capillary suction time.
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Table A5. Pearson’s correlation coefficients for the technological effects of WAS ultrasonic disintegration
(inoculum + WAS_A).

Variables pH TS VS NTOT PTOT CST 3 Biogas

pH −0.44 0.03 −0.19 −0.26 −0.65 ** −0.18 −0.42
TS −0.53 0.98 * 0.99 * 0.92 * 0.57 0.74 ** 0.85 *
VS −0.34 0.92 * 0.99 * 0.97 * 0.73 ** 0.81 * 0.94 *

NTOT 0.20 −0.67 ** −0.75 ** −0.73 ** −0.74 ** −0.64 −0.79 *
PTOT 0.47 0.22 0.48 0.63 0.88 * 0.59 0.74 **
CST 0.61 −0.91 * −0.88 * −0.75 ** −0.37 −0.66 ** −0.77 *

* bold—significant correlations, p < 0.05; ** non−significant correlations taken into account in statistical analysis
(r ≥ 0.65); Biogas—total biogas production; TS—total solids; VS—volatile solids; NTOT—total nitrogen; PTOT—total
phosphorus; CST—capillary suction time.

Table A6. Pearson’s correlation coefficients for the technological effects of WAS ultrasonic disintegration
(inoculum + WAS_B).

Variables pH TS VS NTOT PTOT CST Biogas

pH −0.02 −0.11 −0.32 −0.19 −0.75 ** −0.31 −0.43
TS −0.64 0.99 * 0.93 * 0.88 * 0.29 0.78 * 0.76 *
VS −0.63 0.97 * 0.99 * 0.92 * 0.50 0.87 * 0.89 *

NTOT −0.16 −0.26 −0.51 −0.49 −0.94 * −0.62 −0.76 *
PTOT 0.17 0.15 0.41 0.31 0.91 * 0.57 0.63
CST 0.28 −0.81 * −0.92 * −0.94 * −0.72 ** −0.88 * −0.93 *

* bold—significant correlations, p < 0.05; ** non−significant correlations taken into account in statistical analysis
(r ≥ 0.65); Biogas—total biogas production; TS—total solids; VS—volatile solids; NTOT—total nitrogen; PTOT—total
phosphorus; CST—capillary suction time.

Table A7. The results of ANOVA Test—direct effects.

Variable Unit p Value

pH - 0.233545
SCOD mg·L−1 0.000273 *
NTOT mg·L−1 0.000387 *
PTOT mg·L−1 0.031615 *

Proteins mg·L−1 0.344718
Carbohydrates mg·L−1 0.729555

CST s 0.000003
∆T ◦C 0.000001 *

* bold—significant correlations, p < 0.05; SCOD—soluble chemical oxygen demand; NTOT—total nitrogen;
PTOT—total phosphorus; CST—capillary suction time; ∆T—temperature increase.

Table A8. The results of ANOVA Test—technological effects.

Variable Unit p Value

pH - 0.082577
TS g·L−1 0.884421
VS g·L−1 0.792592

NTOT mg·L−1 0.324162
PTOT mg·L−1 0.942013
CST s 0.000801 *

Biogas production cm3 0.577505

* bold—significant correlations, p < 0.05, TS—total solids; VS—volatile solids; NTOT—total nitrogen; PTOT—total
phosphorus; CST—capillary suction time.
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Abstract: In this study, a sequential batch reactor (SBR) with different types of fibers was employed
for the treatment of poultry slaughterhouse wastewater. Three types of fibers, namely, juite fiber
(JF), bio-fringe fiber (BF), and siliconised conjugated polyester fiber (SCPF), were used. Four SBR
experiments were conducted, using the fibers in different reactors, while the fourth reactor used
a combination of these fibers. The treatment efficiency of the different reactors with and without
fibers on biochemical oxygen demand (BOD), chemical oxygen demand (COD), ammonia-nitrogen
(NH3-N), phosphorus (P), nitrite (NO2), nitrate (NO3), total suspended solids (TSS), and oil-grease
were evaluated. The removal efficiency for the reactors with fibers was higher than that of the reactor
without fibers for all pollutants. The treated effluent had 40 mg/L BOD5 and 45 mg/L COD with an
average removal efficiency of 96% and 93%, respectively, which meet the discharge limits stated in
the Environmental Quality Act in Malaysia.

Keywords: poultry slaughterhouse wastewater; sequential batch reactor; fiber; BOD; COD

1. Introduction

Poultry slaughterhouses discharge a significant volume of highly polluted wastewater, principally
during the slaughtering process and the periodic washing of residual particles, which cause a significant
variation in the biodegradable organic matter concentration. Organic matter is considered the primary
pollutant in the effluents of slaughterhouses [1]. The contribution of organic load to these effluents
usually comes from different materials such as undigested food, blood, fat and lard, loose meat, paunch,
colloidal particles, soluble proteins, and suspended materials [2,3]. Due to the mentioned components
in the slaughterhouses wastewater, these wastewaters have a high concentration of organics such as
chemical oxygen demand (COD), biochemical oxygen demand (BOD), phosphorous, and nitrogen [4].
Therefore, before discharging these wastewaters into receiving water bodies, an efficient treatment
process should be carried out to prevent severe environmental pollution. In the last few decades,
several treatment methods for the slaughterhouse wastewater have been reported. Biological (aerobic
and anaerobic) treatment methods have been traditionally used for slaughterhouse wastewater
treatment. However, both biological techniques have some limitations. For example, aerobic treatment
processes require high energy consumption for aeration and generate a high amount of sludge [1].
The anaerobic treatment process of the poultry slaughterhouse wastewater is often impaired or slowed
down because of the accumulation of suspended solids and floating fats in the reactor, which in
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turn leads to reduction in methanogenic activity and biomass washout [2]. Moreover, the anaerobic
treatment process is more suitable in treating high organic loading wastewater [5,6].

Sequential Batch Reactors (SBR) are one of the biological processes applied to remove several
types of pollutants. The SBR process is different from conventionally activated sludge techniques,
because SBR merges all treatment units and operations into a single basin or tank, whereas traditional
systems rely on various tanks. SBR has been successfully used for the treatment of domestic, municipal,
industrial, dairy, synthetic, toxic and slaughterhouse wastewaters, swine manure, and landfill
leachates [7–12].

Recently, the application of biomass carriers in the SBR process has been investigated by various
researchers [13–15]. Fiber-based biomass carriers exhibit a good performance in removing pollutants,
especially nitrogenous substances [16,17]. Previous studies that applied the swim bed technologies
in SBR using bio-fringe (acryl fiber) revealed high treatment efficiency in removing pollutants,
especially nitrogenous substances [17]. Several types of fibers have been used previously in wastewater
treatments, such as plastic fibers [18,19], geotextiles [20], bio fringe acryl fiber [17], fibrous packing [21],
and polyester fiber [22]. However, the application of fibers as attachment materials in SBR for poultry
slaughterhouses wastewater treatment has not been well investigated.

The aim of this paper is to examine the potential use of various types of fibers as biomass carriers
for slaughterhouses wastewater treatment by evaluating the removal efficiency of the pollutants
with and without fiber in the reactor. The fibers involved are natural white Jute fiber (JF), synthetic
siliconised conjugated polyester fiber (SCPF), bio-fringe (acrylic fiber) (BF), and the combination of
three fibers in the reactor, called composite fiber (CF). The treatment efficiency of the different reactors
with and without fibers on BOD, COD, ammonia-nitrogen (NH3-N), phosphorus (P), nitrite (NO2-N),
nitrate (NO3), TSS, and oil-grease were evaluated. Parameters, such as BOD, COD, and NH3-N,
were monitored every day during the experiments. However, the other parameters were evaluated
based on the optimum value obtained.

2. Materials and Methods

2.1. Wastewater Source and Characteristics

The wastewater used in this study was collected from a local poultry slaughterhouse plant with a
13,000 birds per day capacity, located in the city of Nibong Tebal, Penang state, Malaysia, generating
approximately 140 tons of wastewater daily. This wastewater, which is produced from different
operations such as chickens cutting, chilling, scalding, packing and plant cleanup, was collected from
the final collection tank after the screening of internal organs and feathers (partially treated using
physical treatment). Wastewater samples of 150 to 200 L were collected twice per week, during the
period from 23 May 2012 to 11 March 2013. Following the sampling procedure, the wastewater samples
obtained were characterized based on pollutant concentration. Samples were preserved by storing in
a cold room at 4 ◦C and were only taken out to room temperature 2 h before the experiment began.
Characteristics of the raw wastewater are shown in Table 1.

2.2. Activated Sludge and Characteristics

The activated sludge (AS) used in this study was collected from the sludge dewatering system
at the Jelutong Sewerage Treatment Plant (JSTP), Penang State, Malaysia. The AS in this study acts
as microorganisms that are responsible for transforming the pollutants into acceptable end products.
The AS also followed the poultry slaughterhouses wastewater storing procedures. Characteristics of
the AS are shown in Table 1.
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Table 1. Characteristics of raw wastewater and activated sludge (No. of samples = 7).

Parameter Min Max Average Std. Dev.

Raw wastewater

BOD (mg/L) 573 1177 875 427.09
COD (mg/L) 777 1825 1301 741.04
NH3-N (mg/L) 56.7 104 80.35 33.44
Nitrite (mg/L) 45.3 80 62.65 24.53
Nitrate(mg/L) 52.6 178.4 115.5 88.95
Oil-grease (mg/L) 2361.5 3616 2988.75 887.06
TSS (mg/L) 395 783 589 274.35
pH 6.3 6.9 6.6 0.4242

Activated sludge

BOD (mg/L) 1246 1548 1397 213.54
COD (mg/L) 51,248 59,345 55,296.5 5725.44
DO (mg/L) 0.65 0.68 0.665 0.0212
MLSS (mg/L) 47,000 59,000 53,000 8485.28
pH 6.75 6.85 6.8 0.0707

BOD: biochemical oxygen demand; COD: chemical oxygen demand; TSS: total suspended solids; DO: Dissolved
oxygen; MLSS: Mixed liquor suspended solids.

2.3. Fiber Preparation

Three types of fibers were used in this study as mentioned earlier. The first type was bio-fringe
(BF) fiber made of acrylic fiber and imported from Japan. The other two types were Jute fiber (JF) and
siliconised conjugated polyester fiber (SCPF). Composite fibers (CF) are a combination of these three
fibers where all types were put together in the reactor. Both JF and SCPF were prepared similar to
the size of the ready-made BF. The fibers were sewed neatly into pieces of yarns. Table 2 shows the
physical properties of the fibers.

Table 2. Fiber characteristics.

Characteristic
Types of Fibers

BF JF SCPF CF

Support filament length (cm) 50 50 50 50
Yarn length (cm) 10 ± 0.5 10 ± 0.5 10 ± 0.5 10 ± 0.5

Yarn diameter (cm) 0.1–0.2 0.5–1.0 1.0–1.5 0.1–1.0
Yarn per string 65 20 20 20
Total weight (g) 19.3 52.65 42.15 114.1

BF: bio-fringe; JF: Jute fiber; SCPF: siliconised conjugated polyester fiber; CF: composite fibers.

2.4. Reactor Setup

Two identical, laboratory scale Plexiglas reactors were used as SBR reactors for this study.
Each reactor has the following dimensions: 80 cm × 40 cm × 25 cm with a total volume of 80 L.
However, the experimental volume of the liquid for each reactor was 60 L. The first reactor was only
operated with activated sludge without adding the fibers, while the other reactor was operated with
activated sludge in the presence of fibers. Figure 1 shows the schematic diagram of the SBR reactor.
The first cycle started with seeding of the AS collected from the JSTP. Following this, the reactor was
fed with the collected raw poultry slaughterhouse wastewater during the filling phase and was aerated
and mixed for a certain period of time during the aerating phase. The pH was adjusted approximately
to 7.0 ± 0.5 and the mixed liquor suspended solids (MLSS) were maintained at a minimum range of
1500 mg/L to 4000 mg/L during the whole experiment. The adjustments were conducted before the
aeration phase. The pH value was adjusted by adding either acid (0.5 M of H2SO4) or base solutions
(0.5 M of NaOH). A 24-h cycle was selected, and the wastewater was operated for 20 h with the aeration
rate of 60 L/min to make sure the wastewater and AS were mixed homogeneously. The final MLSS was
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3782 mg/L. An air pump was used for the aeration and water circulation in the reactors. The aerated
phase was stopped at the end of the aeration phase (after 20 h) and before the start of the settling phase
(3 h). The decanting and discharging phase was the last process in the cycle, which meant that a cycle
had been completed. After the first cycle was completed, the SBR reactor was filled with raw poultry
slaughterhouse wastewater, aerated, settled, and decanted to repeat the second day treatment. Table 3
summarizes the operation design parameters of SBR reactor.
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Table 3. Summary of operating design parameters.

Parameters Value

Volume (L) 80
Operating liquid volume (L) 60

Dimension (m) 0.4 × 0.4 × 0.25
Hours per cycle (h) 20
F/M ratio (day−1) 0.2

MLSS (mg/L) 1500
Feeding rate (L/day) 21

Hydraulic Retention Time (HRT) (days) 2.9
Sludge Retention Time (SRT) (days) 7.5

Temperature (◦C) 25
Sludge Volume Index (SVI) (mg/L) 50

MLSS: mixed liquor suspended solids.
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2.5. Operating Conditions

To maintain 1500 mg/L of MLSS, the poultry slaughterhouse wastewater feed was set at 21 L/day.
The concentration of MLSS was checked during every aeration phase (1.00 p.m.). The ratio of food to
microorganism (F/M) was set at 0.2, where F refers to BOD (mg) applied per day to the reactor and M
refers to TSS (mg) in the reactor. The F/M ratio is an important parameter that represents the amount
of substrate available for the microorganisms in activated sludge. A typical F/M ratio for SBR ranges
from 0.04 to 0.1 [23], whereas for SBR nutrient removal it ranges from 0.2 to 0.6 [24]. Either a too low
or too high value of F/M may cause filamentous bulking or foaming, which leads to poor settlebility.
AS was added if the concentration of MLSS was below 1500 mg/L, which meant that the F/M ratio
during the reactors operation was maintained below 0.25. Filamentous bulking might occur if the
MLSS exceeded 4000 mg/L. In the case where the MLSS exceeded 4000 mg/L, some sludge would
be wasted until the MLSS dropped to the desired level (1500–4000 mg/L). Meanwhile, the hydraulic
retention time (HRT) and sludge retention time (SRT) have been calculated and kept at 72 h and
176 h, respectively. The reactors were operated at room temperature (25 ◦C) without any temperature
controlling system. Both Filling and decanting processes were also conducted manually without any
pumping system. Several experiment runs with the different types of fibers were carried out in order
to achieve the objectives of the study. The filling period was 30 min, the aeration period was 20 h,
and the settling period was 3 h.

2.6. Analytical Methods

In this study, the performance of the reactors was evaluated based on the values of BOD,
COD, NH3-N, NO2, NO3, Phosphate, Oil-grease, TSS, and color. All of the mentioned parameters
were determined and carried out as described in the Standard Methods for Water and Wastewater
Examination [25]. The COD concentration was measured using a DR 2800 Spectrophotometer
while NH3-N and PO4

3− concentration were calculated using a Hach DR 2500 Spectrophotometer.
The removal efficiency of BOD, COD, and color was calculated using the following formula:

Removal Efficiency (%) = (Ci − Cf)/Ci × 100 (1)

where Ci and Cf are the initial and final concentrations of parameters, respectively. Results from this
study were analyzed using the Statistical Package for Social Sciences (SPSS) Version 17, via a one-way
analysis of variance (One-Way ANOVA).

3. Results and Discussion

3.1. BOD and COD Removal

During the experiment, the pH of the activated sludge reactor was maintained at around 7 ± 0.5,
the optimum range of pH for microbial growth. The MLSS was maintained in the system in the range
between 1500 to 4000 mg/L.

The initial concentration of COD was 950 mg/L before treatment. Maximum removal efficiency of
COD was achieved in day 12 with 69% and 293 mg/L COD. For the BOD value, the initial concentration
was 350 mg/L where the maximum removal was achieved in day 13 with 88% removal efficiency
with 105 mg/L BOD after treatment in the reactor without fibers. The growth of microbes started to
become slow and stable (between days 11 to day 16) because the microbes did not have any shelter
to regenerate before the cycle completes. As compared to the reactor with fibers, the reactor without
fibers does not have shelter for microbes to attach.

On the other hand, after using the different types of fibers in the reactor, the removal efficiency
of BOD and COD increased over the time in all reactors. As an overall result, the performance of
SBR using fibers as an attachment material has demonstrated better results compared to SBR without
fibers in the reactor. In general, the BOD removal for each type of fiber was efficient, with an average
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removal efficiency of higher than 90%. The observations showed that the CF reactor gives the higher
removal efficiency of BOD with 96% (40 mg/L). For the JF and BF reactors, the optimum BOD removal
was achieved on day 14 and day 12 with 62 mg/L (93%) and 45 mg/L (95%), respectively. Apart from
that, the SCPF reactor showed optimum removal on day 13 with 50 mg/L BOD (94%).

For COD, the BF reactor showed a higher performance in the removal efficiency of COD with
93%. The COD removal achieved maximum removal on day 12 at 93% with 45 mg/L COD as shown
in Figure 2.

3.2. Ammonia-Nitrogen Removal

The daily observations of the NH3-N showed that there was no removal for the first two days
of treatment as shown in Figure 2. This observation was due to the increase in the concentration of
ammonia-nitrogen due to the occurrence of nitrification [26]. According to the Fontenot et al. [27],
in SBR, the nitrogen (protein or lipid) removal process was designed for the aerobic carbon removal
and nitrification followed by an anoxic de-nitrification with the addition of an external carbon source.

Before using the fiber in reactors, the maximum removal was achieved on day 13, with the removal
of 77% and concentration pollutant of 20 mg/L. It was observed that when the pH of the wastewater
in the system was not basic, an oxidation of ammonia took place.

When the oxidation occurred, the pH of the wastewater quickly dropped, and this simultaneously
produced nitrite. Ammonia can exist as molecular ammonia or ammonium gas. These two forms
in water are strongly dependent on pH and temperature. Nitrification and de-nitrification occurred
in good condition due to the aerobic and anaerobic zones inside the same system. The higher
concentrations of ammonia were shown to have inhibitory effects of pH level during the anaerobic
process [28].
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Figure 2. Daily monitoring for the removal efficiency of (a) BOD, (b) COD, (c) ammonia-nitrogen,
(d) phosphate, (e) NO2, (f) NO3, (g) Oil-grease, (h) TSS, in all reactors.

On the other hand, and after using the fiber with SBR reactors, the NH3-N removal was considered
to be high at 94%, 94%, 93% and 94% for CF, JF, BF and SCPF reactors, respectively. In the case
of CF reactor, during the first and second day of treatment, no removal due to the increase in
ammonia-nitrogen concentration from 85 mg/L to 98 mg/L (data not shown). However, in day
3 and 4 of treatment process, a fluctuation in removal efficiency was observed. The maximum removal
efficiency was obtained at day 13 at 94%. The initial concentration of ammonia-nitrogen before
treatment was 106 mg/L and diminished 5 mg/L after treatment. In general, biological nitrogen
removal can be categorized into two separate steps: nitrification and denitrification. In the nitrification
process, ammonium is usually converted to nitrate under aerobic condition, whereas the de-nitrification
process converted the nitrate into nitrogen gas (N2) [29]. Therefore, when a higher aeration was used,
a better removal efficiency of NH3-N was observed due to the fact that more DO was provided to the
nitrifying bacteria in order to convert ammonium to nitrate.

3.3. Nitrite (NO2) and Nitrate (NO3) Removal

As can be seen in Figure 2, the maximum removal efficiency for NO2 was achieved on day 8
with the removal of 45% in the reactor without fiber. According to Erses et al. [28], when oxidation
ammonia takes place, nitrite is produced simultaneously.

NH4
+ + 1.5O2 → NO2

− + 2H+ + H2O (2)

However, the maximum removal efficiency for NO3 was achieved on day 13 with the removal
of 85% when the remaining concentration in the reactor was 12 mg/L. After using the fibers in the
reactors, the maximum removal efficiency for NO2 obtained in the JF reactor was 84%, which is
approximately twice the removal efficiency of the reactor without fibers. In addition, the maximum
removal efficiency for NO3 was 94%, which was achieved using SCPF reactor.

3.4. Phosphate Removal

The maximum removal efficiency for phosphate was achieved on day 13 with a removal efficiency
of 61%, where the remaining concentration of 15 mg/L in the case of reactor without fiber, as shown in
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Figure 2. The removal showed a fluctuated trend on day 6, due to the increased concentration of nitrate
in the anaerobic zone and phosphate in the aerobic zone (data not shown). The phosphorus content in
the sample may also be affected by the apparatus used during the experiment if the apparatus was
contaminated with detergent [30]. However, after using the fibers in reactors, the maximum removal
efficiency of phosphate was 85% for the BF reactor during the experiment. No removal was obtained
during the first day due to the increase of phosphate concentration from 39 mg/L to 65 mg/L. This was
owing to the occurrence of the polyphosphate bacteria which started to accumulate large quantities of
phosphate within their cells [31].

3.5. Oil-Grease and TSS Removal

In the reactor without fiber, the maximum removal efficiency for oil-grease was achieved on day 13
with 57% (117 mg/L). In addition, the same trend was observed for the TSS values. The maximum
removal of TSS was recorded on day 13 with the remaining concentration at 72 mg/L (84%) from
532 mg/L. After applying the fibers in reactors, the maximum removal efficiency of the oil-grease and
TSS was obtained using a JF reactor and BF reactor with 86% and 97% removal efficiency, respectively,
as shown in Figure 2. The pattern of removal showed the fluctuated trend until day 4 of the treatment.
Starting from day 5, the treatment slowly showed an increase in the removal over time. Maximum
removal efficiency for oil-grease was obtained on day 11. The TSS removal efficiency showed an
increase trend over that time. A maximum removal efficiency of TSS was achieved on day 13.
The fluctuated trend that occurred in the early part of the treatment may be due to the fact that
a pump was not used when the sample was taken. This led to the additional concentration of oil and
grease and TSS. From the observation and the properties of the raw wastewater, the value of oil-grease
increased because of not using the pump during the sample collection. The oil-grease may have been
partially filtered using the pump.

3.6. Statistical Analysis

Table 4 summarized the maximum removal efficiency for all SBR. A One-way (ANOVA) test
was used for multiple comparisons between the different types of the reactors. The test shows a
significant difference between mean concentration BF and AS, CF, JF, and SCPF for all parameters
tested. For example, for the BOD concentration after treatment, the ANOVA test shows that the
concentration of BOD in the CF reactor was small as compared to the other reactors, which emphasize
the experimental results. In addition, the BF reactor has a lower mean concentration for COD as
compared to other reactors, which means that the BF reactor achieved the higher removal efficiency,
proving the experimental results. For other parameters, similar results with experiments were obtained.
The characteristics of final effluents for all reactors are summarized in Table 5.

Table 4. Summary of maximum removal efficiencies for all reactors.

Max. Removal Efficiency (%)

Parameters Without Fiber BF JF SCPF CF

BOD 88 95 93 94 96
COD 69 98 93 91 90

NH3-N 77 93 94 94 96
Phosphate 61 85 72 74 79

NO2 45 81 84 69 71
NO3 86 92 93 94 93
TSS 84 97 93 92 96

Oil-grease 57 73 86 74 77

BF: bio-fringe; JF: Jute fiber; SCPF: siliconised conjugated polyester fiber; CF: composite fibers.
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Table 5. Summary of final effluents of all parameters for all reactors.

Parameters Without Fiber BF JF SCPF CF

BOD (mg/L) 120 70 65 65 65
COD (mg/L) 309 74 75 112 150

NH3-N (mg/L) 23 7 10 7 7.9
P (mg/L) 17 10 14 16 16

NO2 (mg/L) 51 30 20 37 40
NO3 (mg/L) 14 12 10 10 12
TSS (mg/L) 75 25 39 55 30
Oil-grease 855 801 431 751 723

BF: bio-fringe; JF: Jute fiber; SCPF: siliconised conjugated polyester fiber; CF: composite fibers.

4. Conclusions

This paper investigates the potential application of different types of fibers as biomass carriers in
SBR reactors for slaughterhouses wastewater treatment, by evaluating the removal efficiency of the
pollutants with and without fibers in a SBR reactor. The study showed that the removal efficiency of
the SBR with fibers achieved a higher performance for all tested parameters as compared with the
SBR without fibers. The SBR reactor with fibers as attachment materials enabled the attachment of
suspended solids to the fibers, which increased the biomass concentration in the reactor and provided
a better treatment efficiency. The treated effluent had 40 mg/L BOD and 45 mg/L COD with an
average removal efficiency of 96% and 98%, respectively, which meet the discharge limits stated in the
Environmental Quality Act in Malaysia. Moreover, all other parameters also satisfied the limits of the
Environmental Quality Act in Malaysia.
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Abstract: Bioaugmentation with a mixture of microorganisms (Bacteria and Archaea) was applied to
improve the anaerobic digestion of sewage sludge. The study was performed in reactors operating at
a temperature of 35 ◦C in semi-flow mode. Three runs with different doses of bioaugmenting mixture
were conducted. Bioaugmentation of sewage sludge improved fermentation and allowed satisfactory
biogas/methane yields and a biodegradation efficiency of more than 46%, despite the decrease
in hydraulic retention time (HRT) from 20 d to 16.7 d. Moreover, in terms of biogas production,
the rate constant k increased from 0.071 h−1 to 0.087 h−1 as doses of the bioaugmenting mixture
were increased, as compared to values of 0.066 h−1 and 0.069 h−1 obtained with sewage sludge
alone. Next-generation sequencing revealed that Cytophaga sp. predominated among Bacteria in
digesters and that the hydrogenotrophic methanogen Methanoculleus sp. was the most abundant
genus among Archaea.

Keywords: anaerobic digestion; wastewater sludge; bioaugmentation; metagenome; NGS

1. Introduction

The development of wastewater treatment technology, together with the implementation
of environmental legislation, has successfully protected the aquatic environment from pollution.
However, at the same time, sewage sludge is generated as the by-product of the wastewater treatment.
Sewage sludge is becoming a worldwide environmental problem because of its increasing production
and its high contents of organic matter, pathogens, and heavy metals.

Anaerobic digestion is a biological process that can degrade organic material by the concerted
action of a wide range of microorganisms in the absence of oxygen. However, the advantages of the
anaerobic digestion process in the treatment of sewage are still far from being optimized. Regardless
of the temperature conditions, only around 50% to 60% of the organic matter can be degraded,
leaving a large potential of increasing the biogas production [1]. A better understanding of the
basic mechanisms occurring in the digester, conducting the process at high temperatures, application
of different kinds of pre-treatment methods (freezing/thawing; cavitation), phase separation, and,
recently, bioaugmentation has been applied to improve the anaerobic digestion.

Bioaugmentation is the addition (augmentation) of specialized microbial cultures which are
typically grown separately under well-defined conditions to perform a specific task in a given
environment (in situ or in a bioreactor) [2,3]. This approach has been used for hazardous waste
remediation, as well as for the biodegradation of wastewater in wastewater treatment plants and
many others biological treatment processes [4]. In aerobic wastewater treatment, bioaugmentation
has resulted in more reliable nitrification, biological phosphorous removal, improved sludge settling,
enhanced grease degradation, and accelerated transformation of xenobiotic organic contaminants,
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such as pentachlorophenol [5–8]. Bioaugmentation has also been studied at laboratory scale to increase
the methane production during the anaerobic digestion of animal manure [9], cellulose-rich [10,11],
and lipid-rich waste [12] as well as seed biomass [13]. Schmidt et al. [14] used bioaugmentation during
the anaerobic digestion of sewage sludge to improve the polycyclic aromatic hydrocarbons removal.
Moreover, the bioaugmentation of anaerobic digestion communities by the adapted hydrolytic
consortia increased the biogas yield by 10–29% in the anaerobic digestion of maize silage [15].

Interestingly, bioaugmentation was investigated as a method of decreasing the recovery period
of anaerobic digesters exposed to a transient toxic event [16,17]. The comprehensive review by
Tale et al. [18] described the beneficial effects of bioaugmentation on the efficiency of biochemical
processes under temporary organic overloading of reactors. Bioaugmentation has been considered as a
useful strategy, playing an excellent role for performance enhancement and recovery in biosystems
under various stresses due to the improvement of detrimental conditions, retention, and adaptation
of bioaugmentation consortium. However, bioaugmentation faces the potential risk of functional
failure, even negative effects on biosystems [19]. Failure of bioaugmentation has been reported
to be associated with numerous factors that include the growth rate being lower than the rate of
washout, insufficient inoculum size, and substrate availability. Limitations of bioaugmentation can be
overcome through the techniques that include increased inoculum dosing, a longer period of inoculum
acclimatization in reactors, the addition of nutrients and surfactants, and application of sufficient
acclimatization periods. Surveys of the literature show that a key area for the further research should
be towards acquiring a better understanding of the degradation pathways where bioaugmentation
is applied [20–22]. The present study examines the influence of bioaugmentation on the efficiency of
anaerobic digestion of sewage sludge from a municipal wastewater treatment plant. The novel aspect
of the study involved using a mixture of wild-living Bacteria and Archaea from Yellowstone National
Park, USA, for bioaugmentation. The effect of this bioaugmentative mixture on the kinetics of biogas
production and the microbial structure in semi-flow anaerobic reactors was determined.

2. Materials and Methods

2.1. Material Characteristics

Sewage sludge that included two-source residues (originated from primary and secondary
clarifiers) were obtained from the Puławy municipal wastewater treatment plant (WWTP), Poland.
Sludge was sampled once a week in the WWTP. Under laboratory conditions, the sludge was mixed at
the volume ratio of 60:40 (primary: waste sludge), then homogenized, manually screened through a
3 mm screen and partitioned. The sludge samples were stored at 4 ◦C in a laboratory fridge for no longer
than one week. Sludge prepared in this manner was fed to the digester as mixed sewage sludge (SS).
The main characteristics of SS during the entire cycle of experiments was as follows (the average
value and standard deviation are given): chemical oxygen demand (COD)—43.00 ± 5.49 g dm−3,
volatile fatty acids (VFA)—1179 ± 733 mg dm−3, total solids (TS)—37.0 ± 2.9 g kg−1, volatile solids
(VS)—28.6 ± 2.11 g kg−1, pH—6.75 ± 0.33, and alkalinity—846 ± 268 mg CaCO3 dm−3.

A liquid solution containing a mixture of Bacteria and Archaea was prepared in a continuous
mode throughout the experiment. A nylon pouch filled with a powdery substrate (ArcheaSolutions
Inc., Evansville, IN, USA) was placed inside a generator. The microbial composition of the powdery
substrate after 1 day of cultivation at 37 ◦C under constant mixing conditions in distilled water showed
that about 36% of microorganisms belonged to Archaea with Methanosaeta as s predominant genus
and that about 59% of microorganisms belonged to Bacteria with Exiguobacterium, Janthinobacterium,
Acinetobacter, and Stenotrophomonas as the most abundant genera (Figure 1).
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Figure 1. Microbial genera present in the bioaugmenting substrate; “other” includes unclassified
bacteria (1%) and Archaea (1%), and taxa with abundance below 1% (3%); sequencing results are
present in the Sequence Read Archive SRA (National Center for Biotechnology Information NCBI,
BioProject PRJNA431048).

The analysis of the substrate was performed as described in Molecular analysis, sequences were
placed in NCBI (BioProject PRJNA431048). The substrate was packed in a vinyl alcohol coating, which
dissolved upon contact with dechlorinated pipe water flowing through the device. The release of
an appropriate microbial content of 1.08 g L−1 h −1 required a continuous flow of water at a level of
about 0.5 L min−1. After 30 days, the pouch containing a mixture of microorganisms was replaced
by a new one. The generator was linked to two serially-connected storage tanks with a total active
volume of 320 L. The liquor prepared in this manner was stored at room temperature. The average total
solids (TS) of the liquor differed slightly during the experiments and reached 0.48 and 0.45 g kg−1 in
phase 1 and phase 2, respectively, while the average volatile solids (VS) oscillated around 0.04 g kg−1.
The COD values were 22 g·m−3 in phase 1 and 26 g·m−3 in phase 2. Similarly, the VFA concentrations
were 21 and 24 g·m−3, respectively. The alkalinity of 330 g CaCO3·m−3 and pH value of 7.16 were
obtained for both phases.

2.2. Laboratory Installation and Operational Set-Up

The study was performed in anaerobic reactors operating at a temperature of 35 ◦C in semi-flow
mode. The laboratory installation consisted of three completely mixed digesters (with an active volume
of 40 dm3) working in parallel, equipped with a gaseous installation (consisting of pipelines, pressure
equalization unit and a mass flow meter), an influent peristaltic pump and storage vessels (Figure 2).

An inoculum for the laboratory reactors was taken from Puławy wastewater treatment plant as
a collected digest from a mesophilic anaerobic digester with a volume of 2500 m3 that was operated
at 35–37 ◦C and a hydraulic retention time (HRT) of about 25 days. The adaptation of the digester
biomass was achieved after 30 days.

Two phases of the experiment were conducted, differing in the organic loading rates (OLRs).
Each phase lasted 90 days (30 days for acclimatization and 60 days for measurements). In the first
phase, three reactors were operated. The first reactor (R1—control one) was fed daily with 2 dm3 of
mixed sludge. The HRT reached 20 days, and the OLR was time-dependent with an average value of
1.55 kg VS m−3 day−1.
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The second reactor (R2) was operated following the same schedule. However, the reactor was fed
with sludge bioaugmented with microbial mixture at a volumetric ratio of 91:9 (the influent consisted
of a mixture of 2 dm3 sludge and 0.2 dm3 of bioaugmenting mixture). The HRT was shortened to
18.2 days, and the average value of the OLR was 1.54 kg VS m−3 day−1.

The third reactor (R3) arrangement was the same as in R2, but this time the volumetric ratio was
set at 87:13 (influent consisted of a mixture of 2 dm3 sludge and 0.3 dm3 of bioaugmenting mixture).
The HRT shortened to 17.4 days, and the average value of the OLR was 1.53 kg VS m−3 day−1.

In the second phase, two reactors were operated. The fourth reactor (R4) was operated analogously
to the R1 (as a control), although at OLR of only 1.30 kg VS m−3 day−1.

Reactor R5 was operated also at low OLR of 1.33 kg VS m−3 day, and the sludge to bioaugmenting
mixture volumetric ratio was set at 83:17 (influent consisted of a mixture of 2 dm3 sludge and 0.4 dm3

of bioaugmenting mixture). The HRT was shortened to 16.7 days.
The reactors were bioaugmented in continuous mode because of the long-term wide microbial

growth (from 20 h to 20 days) as well as their possible wash out from the system.

2.3. Analytical Methods

In the mixed sludge (SS), total chemical oxygen demand (COD), total solids (TS) and volatile
solids (VS), were analyzed once a week. The same schedule was used for determining the values
of the parameters that characterized the supernatant (sludge liquid phase) before digestion. These
parameters included soluble chemical oxygen demand (SCOD), volatile fatty acids (VFA), alkalinity
and pH level. The supernatant samples were obtained by centrifuging the sludge at 4000 rpm for
30 min. All analyses were carried out in accordance with the procedures listed in the Standard Methods
for the Examination of Water and Wastewater [23].

The bioaugmenting mixture was examined twice a week as an averaged and a collected sample
taken from its storage tank. The following parameters were analyzed: COD, TS, VS, VFA, alkalinity,
and pH.

In the digested sludge, the specified parameters were determined two times a week, in accordance
with the timetable adopted. Similarly, the supernatant of the digested sludge was examined using the
same schedule.

Anaerobic digestion efficiency was controlled by the daily evaluation of the biogas yield and
its composition (CH4, CO2, and other gases). Moreover, the volatile solids removal efficiency was
evaluated according to the American Public Health Association (APHA) [23].
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The biogas production was determined using Aalborg (USA) digital mass flow meter.
Its composition was measured using Trace GC-Ultra gas chromatograph coupled with a thermal
conductivity detector (TCD) fitted with divinylbenzene (DVB) packed columns. The Rt-Q-Bond
column was used to determine the CH4 and CO2 concentrations. The parameters used for the analysis
were as follows—injector 50 ◦C and detector 100 ◦C. The carrier gas was helium with a flux rate of
1.5 cm3·min−1. Peak areas were determined by the computer integration program (CHROM-CARD).

The biogas production curves were made on the basis of the averaged experimental data acquired
from an XFM Control Terminal. Both the rate constant k and maximum biogas production Vmax were
obtained by means of nonlinear regression method with Statsoft Statistica software (version 10, TIBCO
Software Inc., Palo Alto, CA, USA). The strength of the relationships between groups of the results
was determined using Pearson’s correlation coefficient (R) and determination coefficient R2.

2.4. Molecular Analysis

Metagenome of the digesters in the first phase was analyzed after 90 days of each reactor operation.
The collected samples of biomass were stored at −20 ◦C. After thawing, DNA was isolated from
the biomass using GenElute™ Bacterial Genomic DNA Kit (Sigma-Aldrich Chemie Gmbh, Munich,
Germany) according to the producer’s protocol, including lysozyme digestion. The presence of
DNA was confirmed by agarose electrophoresis. Purity and concentration of the isolated DNA
were measured spectrophotometrically using a Biophotometer (Eppendorf, Hamburg, Germany).
A universal 515F (GTGCCAGCMGCCGCGGTAA) and 806R (GGACTACHVGGGTWTCTAAT) primer
set was used to amplify the archaeal and bacterial 16S rDNA gene. Next-generation sequencing
(NGS) using the MiSeq Illumina platform was applied to sequence the amplicons. The sequencing
was performed in the Research and Testing Laboratory (USA). Over 126 thousands of full sequences
were obtained.

The sequences were analyzed bioinformatically as described in Świątczak et al. [24]. In short,
to detect and remove chimeras from the raw reads, UCHIME [25] was applied. The readouts
were condensed into FASTA format and clustered into operational taxonomic units (OTUs) using
USEARCH global alignment [26]. A .NET algorithm utilizing BLASTN+ was used to query FASTA
formatted file with seed sequences for each cluster against a database of NCBI derived sequences.
Sequences were aligned by Infernal [27] and clustered by Complete Linkage Clustering (a module
of the RDPipeline, https://rdp.cme.msu.edu/). The Shannon-Wiener index of diversity (H’) [28]
was calculated (at a level of species). Samples were from the same run and have a similar number
of reads; therefore, normalization was not performed to avoid data loss. Rarefaction analysis was
performed using a module of the RDPipeline. The sequences have been deposited in the Sequence Read
Archive (SRA) NCBI within BioProjectPRJNA380917 as an experiment ‘Metagenome of bioaugmented
anaerobic digesters.’

3. Results and Discussion

3.1. Impact of Bioaugmentation on the Efficiency of Anaerobic Digestion of Sewage Sludge

The characteristics of both the mixtures feeding the reactors and the digests are presented in
Figure 3. As indicated in the figure, the characteristics of SS varied in the control reactors (R1 and R4),
which probably resulted from the changes in the chemical composition of sewage (Figure 1, Table 1).

Bioaugmentation by a mixture of Bacteria and Archaea decreased all parameters in the feedstock
(due to dilution) as compared to sewage sludge. Decreases in COD concentration from 45.8 g dm−3 to
39.8 g dm−3 and 38.6 g dm−3, VS from 31.0 g kg−1 to 28.1 and 26.4 g kg−1, and TS from 40.1 g kg−1

to 36.4 g kg−1 and 34.2 g kg−1 were observed for R1, R2, and R3, respectively. The concentration of
SCOD in the bioaugmented reactors was 1.25 and 1.20 g dm−3 and was lower than that in the control
(1.40 g dm−3). Similarly, in R4 and R5, the concentration of VS and TS decreased by 15% (from 26.1
to 22.1 g kg−1 and from 33.9 to 28.8 g kg−1, respectively), COD by 13.5% (from 38.3 to 33.1 g dm−3),
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and SCOD by 9% (from 2.5 to 2.3 g dm−3). The higher the dose of the bioaugmenting mixture, the
greater the decrease in the aforementioned characteristics as compared to the control reactors.
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Figure 3. Concentration of organic compounds (expressed as chemical oxygen demand (COD), total
solids (TS), volatile solids (VS), and soluble chemical oxygen demand (SCOD)) in feed and digest, as
well as related removal efficiencies (average values are given, error bars represent 95% confidence
limits for means): (a) COD changes in phase 1, (b) COD changes in phase 2, (c) TS changes in phase 1,
(d) TS changes in phase 2, (e) VS changes in phase 1, (f) VS changes in phase 2, (g) SCOD changes in
phase 1, (h) SCOD changes in phase 2.

The degrees of removal pertaining to VS and other parameters were used to evaluate the process
efficiency. On average, the removal efficiencies of VS in R2, R3, and R5 (the bioaugmented reactors)
amounted to 47.3%, 49.2%, and 46.4%, respectively. These values were greater than the ones obtained
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for sewage sludge (Figure 3); however, the difference was not statistically significant. The highest
removal of VS was observed in the presence of 13% v/v dose of the bioaugmenting mixture (R3),
despite the shortening of HRT from 20 to 17.4 d. On the other hand, the removal efficiency of TS reached
40.5%, 41.7%, and 37.9% in R2, R3, and R5, respectively; for the control reactors, it was slightly lower,
equaling 40.0% and 35.6% for R1 and R4 control reactors, respectively. As far as the removal efficiency
of COD is concerned, comparable values were observed for all reactors. However, the maximum
COD removal efficiency, reaching 47.6%, was obtained with 13% v/v dose of the bioaugmenting
mixture (R3). This observation is in line with the findings of Yu et al. [29], who reported that the
application of bioaugmentation during the mature landfill leachate treatment slightly improved
the COD removal efficiency. Interestingly, visible differences were observed for the efficiency of
SCOD removal (Figure 3g,h). In comparison with the non-bioaugmented reactors, the SCOD removal
efficiency increased by 24% and 27%, in the reactors (R2, R3, R5) supplemented with 9% and 13% of
bioaugmenting mixture. In contrast, in the presence of 17% v/v of bioaugmenting mixture, the increase
was only by 2.5%. To sum up, the removal efficiency of organic compounds increased, although the
hydraulic retention time was shortened from 20 to 16.7 d. Hailei et al. [30] also reported that the
addition of mixed microorganisms could shorten the sludge acclimation time, as well as improve the
treatment efficiency.

3.2. Process Stability

To evaluate the stability of anaerobic digestion, pH, alkalinity, concentration of VFA and the
VFA/alkalinity ratio in digest supernatant should be analyzed. The average values of these parameters
in the feedstock and digest are given in Table 1.

Table 1. Volatile fatty acids (VFA) concentration, alkalinity and pH values in feed and digest for
specified reactors.

Reactor Value
VFA (g m−3) Alkalinity (g CaCO3 m−3) pH

Feed Digest Feed Digest Feed Digest

R1
Average 838 235 812 3722 6.81 7.99

lower/upper 95% mean 719/957 66/404 764/860 3614/3830 6.68/6.94 7.95/8.03

R2
Average 771 241 769 3391 6.83 7.86

lower/upper 95% mean 678/864 112/370 732/806 3268/3514 6.70/6.96 7.80/7.92

R3
Average 660 291 749 3336 6.82 7.72

lower/upper 95% mean 542/778 203/379 712/786 3229/3443 6.68/6.96 7.66/7.78

R4
Average 1520 149 880 3670 6.68 7.71

lower/upper 95% mean 147/2893 115/183 610/1150 3524/3816 6.44/6.92 7.44/7.98

R5
Average 1062 253 754 3195 6.75 7.59

lower/upper 95% mean 163/1961 167/339 578/930 3078/3312 6.53/6.97 7.37/7.81

The results indicate that the pH of feedstock was at a comparable level in the bioaugmented and
non-bioaugmented reactors. Conversely, alkalinity decreased in the bioaugmented reactors (R2, R3,
and R5) by 5.5%, 8.4%, and 16.7%, respectively, but the differences were not statistically significant.
An increase in pH was observed in the digest. The values for all runs were in a range favorable for
methanogens, i.e., from pH 7.59 to pH 7.99. Similarly, the digest alkalinity increased more than 4-fold.
In the bioaugmented reactors, pH and alkalinity were lower compared with the sewage sludge, and
these differences were statistically significant. Bioaugmentation caused a decrease in the VFA of the
mixture fed to the reactor, but the difference was not statistically significant. Higher VFA removal was
reported for anaerobic digestion of sewage sludge: 71.9%—in R1, and 90.2%—in R4. For bioaugmented
reactors, these values were 68.8% (R2), 55.6% (R3), and 76.2% (R5). The digest was characterized by
low concentrations of VFA—they did not exceed the value of 290 g m−3 in any reactor. In the presence
of the bioaugmenting mixture, the VFA/alkalinity ratio increased to 0.071 and 0.087 (for 9% and 13
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v/v dose, respectively) and 0.079 (17% v/v). For the sludge, the ratio equaled 0.063 in R1 and 0.041 in
R4. The process was carried out under stable conditions in both phases.

3.3. Biogas Production

The results of the investigations are shown in Table 2 (average data are reported). It should be
noted that the feed conditions varied through phases (R1–R3 and R4–R5), which was attributed both
to the changes in sludge characteristics and the addition of microorganisms from the bioaugmenting
mixture. In terms of organic matter removed via anaerobic digestion, regardless of the feedstock,
the lowest biogas yield was observed for the removed COD, while the highest for the removed VS.
Considering organic substances fed to the reactor, a higher biogas yield was noted in terms of VS and
lower regarding TS (Table 2).

The addition of microorganisms from the bioaugmenting mixture had no significant influence on
the biogas production (the differences of means were not statistically significant). However, the biogas
yields, as well as daily biogas production, were enhanced compared to the control (particularly for
R2 and R3). These occurred despite the progressive decrease in the hydraulic retention time (HRT)
from 20 d to 16.7 d that led to the faster washing out of the microorganisms from the semi-flow system.
Moreover, similar methane content was noted independently of the mixture dose. It was also shown
that bioaugmentation enabled to obtain higher biodegradation efficiency regarding the VS removal
within shorter HRT. The above suggests the beneficial bioaugmentation effect. The results achieved
could be attributed to the increase in rates of both biogas production and organics decomposition.
It was due to the differences between the microbial communities of the bioaugmented digesters
and the enhanced activity of microorganisms involved in bioaugumentation of anaerobic digestion.
This explanation is consistent with the research by Duran et al. [31] regarding bioaugmentation with
selected strains belonging to Baccillus sp., Pseudomonas sp., and Actinomycetes sp. The slight increase in
biogas yields throughout bioaugmentation could result both from the HRT shortening and the TS/VS
feedstock dilution by bioaugmenting mixture. The second one followed by the procedure of mixture
preparation recommended by ArcheaSolutions Inc. To significantly improve the biogas yields, the
higher concentration of the bioaugmenting mixture would be profitable. This could be achieved in the
future research using a microfiltration module. The study of Poszytek et al. [32] using a novel bacterial
strain Ochrobactrum sp. POC9 for bioaugmentation of sewage sludge anaerobic digestion revealed
much better results than the ones presented here. In that case, the cumulative biogas production
increased by 22.06% compared to the control, although the study was conducted in batch mode.

Table 2. Biogas production and corresponding yields as well as methane content for bioaugmented
and non-bioaugmented reactors.

Parameter Unit R1 (Control) R2 R3 R4 (Control) R5

Daily biogas
production a dm3 d−1 23.23 ± 3.7 b 24.26 ± 3.8 24.53 ± 3.8 19.59 ± 2.2 19.86 ± 2.1

Biogas yield m3 kg−1 VS added 0.38 ± 0.07 0.40 ± 0.07 0.40 ± 0.07 0.38 ± 0.05 0.37 ± 0.05
m3 kg−1 TS added 0.29 ± 0.05 0.31 ±0.05 0.31 ±0.05 0.29 ±0.04 0.29 ±0.04

m3 kg−1 VS removed 0.83 ± 0.20 0.86 ± 0.21 0.84 ± 0.21 0.82 ± 0.22 0.83 ± 0.22
m3 kg−1 TS removed 0.75 ± 0.18 0.78 ± 0.21 0.77 ± 0.19 0.79 ±0.27 0.78 ± 0.29

m3 kg−1 COD removed 0.52 ± 0.09 0.53 ± 0.11 0.53 ±0.11 0.55 ± 0.09 0.55 ± 0.13
Methane content % 56.25 ± 1.93 56.56 ± 1.58 56.16 ± 2.06 55.22 ± 1.98 55.57 ± 2.50

a—the average value, b—in normal conditions.

3.4. Kinetics

In the quasi-flow system, the reactor was fed once a day with the portion of substrate or
substrates and the same volume of digested medium was removed from the reactor. For this reason,
the production of biogas between each feeding related to a temporal interval of 0–24 h. Accordingly,
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the reaction rate constant was expressed in hours, distinct from the typical units used for batch
experiments (d−1). The average volume of biogas produced day by day (calculated for the exemplary
30 measurement days) is shown in Figure 4.
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deviations are given), the values of kinetic constants and coefficients of determination for specified
reactors: (a) R1, (b) R2, (c) R3, (d) R4, (e) R5, and (f) k constant as a function of Arkea/SS
volumetric ratio.

For a mathematical description of the changes in the biogas volume (V) produced in time (t),
the most appropriate was the equation of first-order reaction [33] as V = Vmax (1 − exp(−k·t)). This was
confirmed by the determination coefficients (R2). The experimental data allowed to determine the
reaction rate constant (k) and the maximum gas volume (Vmax), which theoretically can be derived
from the feed portion feeding the reactor once a day.

The results indicate that the biogas production rate constants for sewage sludge were comparable
and equaled 0.066 h−1 and 0.069 h−1 for R1 and R4, respectively. In the bioaugumented reactors, the k
values were 0.071 h−1, 0.081 h−1, and 0.087 h−1 in R2, R3, and R5, respectively. It was probably caused
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by the enhanced microorganisms’ activity in the bioaugmented systems. This was confirmed by the
increased biogas production rate constant k. The k value increased with the increasing the dose of
bioaugmenting mixture, according to the equation y = 0.5247x2 − 0.0045x + 0.0675 (Figure 4f).

In each phase, the differences between the maximum biogas production from the reactor feed
(Vmax) and the actual value of biogas production obtained after the period of 24 h (Vf) were determined
(Figure 4). The difference Vmax − Vf corresponds to the value of biogas potential in the digest and
varied from 3.13 to 7.09 dm3 in the reactors. The best results were obtained in the bioaugmented
reactors, with increasing doses of bioaugmenting mixture in the feedstock. In such cases, the
untapped biogas potential decreased and amounted to 16.5% (R2), 12.0% (R3), and 10.6% (R5). In the
control runs, the untapped biogas potential was higher and was up to 19.6% and 17.8% (R1 and
R4, respectively). Bioaugmentation of digested sewage sludge resulted in an enhancement of the
metabolism transformation rate, which was associated with the increase of process efficiency.

Importantly, the influence of the feed changes on the kinetics results determined on the basis of
continuous data acquisition throughout experiment time was shown. This was revealed in terms of
standard deviation growing within 24 h for the analyzed 30 measurement days.

3.5. Changes in Digest Morphology

The scanning electron microscopy was used to observe the microbial aggregates in the digest
structure, the space relationship between microorganisms, as well as the presence of extracellular
polymeric substances (EPS) and other materials.

While analyzing the structure of the digested sludge, it was noted that despite the shortened
HRT, larger agglomerates of microorganisms were formed in the bioaugmented reactors compared to
the non-bioaugmented sludge (Figure 5). This was beneficial for the subsequent digest dewatering
because of the extended sludge sediments capability (unpublished data). On the basis of the operation
strategy ensuring comparable OLR value for both the bioaugmented and non-bioaugmented reactors,
the observed effect could be largely attributed to extended EPS secretion by microorganisms [34,35]
through bioaugmentation, and thus lower shear sensitivity and lower degree of dispersion [36].
According to the study of Yu et al. [37], the microbial community composition and its activity affected
both the EPS production and composition. Interestingly, in the structure of the bioaugmented digest,
the changes in the morphology of EPS were clearly visible. EPS began to collapse and condense
into fiber-like structures [38]. Similarly, the differences referring to methanogens seem to indicate a
response in their cell shapes to bioaugmentation that was reported by Zhang et al. [39].
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3.6. Microbial Structure of Digesters

Sludge fermentation starts with hydrolysis followed by acidogenesis. In both these processes,
the predominant microorganisms are obligatory anaerobes and facultative bacteria. Microorganisms
conducting acetogenesis produce hydrogen and are in symbiosis with methanogenic archaea, which
consume hydrogen (syntrophy or interspecies hydrogen transfer—IHT). The balance between
methanogens and microorganisms involved in acido- and acetogenesis is crucial because if the activity
of the latter is too high, anaerobic digestion will fail due to the acidification of the reactor.

The microbial structure of the biomass from the reactors operated in the first phase of the
experiment was analyzed using next-generation sequencing. Rarefaction analysis was used to
characterize the richness of taxa in the experimental digesters. At the genus level, the curves leveled
off, indicating acceptable sampling and coverage of the richness in the samples (data not shown). The
microbial diversity of the biomass was the highest in the control reactor (H’ = 2.86) and decreased
gradually to H’ = 2.52 and H’ = 2.16 in R2 and R3, respectively, as the dose of bioaugmenting mixture
was increased. In the reactors, Bacteria predominated and Archaea constituted between 1.3% and 1.4%
of identified sequences (Table 3).

Table 3. Percentage of bacterial taxa in biomass from the experimental reactors.

Kingdom; Phylum; Class; Order; Family; Genus R1 R2 R3

Bacteria; Verrucomicrobia; Verrucomicrobiae; Verrucomicrobiales; Unclassified 3.1 1.0 0.4

Bacteria; Unclassified 31.0 38.8 52.7

Bacteria; Thermotogae; Thermotogae; Thermotogales; Unclassified 4.4 2.8 4.2

Bacteria; Synergistetes; Synergistia; Synergistales; Synergistaceae; Synergistes 0.5 0.3 0.1

Bacteria; Spirochaetes; Unclassified 2.8 3.9 3.9

Bacteria; Spirochaetes; Spirochaetia; Unclassified 0.8 0.3 0.3

Bacteria; Proteobacteria; Unclassified 0.4 0.5 0.3

Bacteria; Proteobacteria; Gammaproteobacteria; Xanthomonadales; Xanthomonadaceae; Thermomonas 0.5 0.4 0.3
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Table 3. Cont.

Kingdom; Phylum; Class; Order; Family; Genus R1 R2 R3

Bacteria; Proteobacteria; Gammaproteobacteria; Pseudomonadales; Pseudomonadaceae; Pseudomonas 0.8 3.9 3.6

Bacteria; Proteobacteria; Deltaproteobacteria; Syntrophobacterales; Unclassified; Unclassified 0.8 1.2 0.8

Bacteria; Proteobacteria; Deltaproteobacteria; Syntrophobacterales; Syntrophaceae; Syntrophus 1.4 1.8 1.7

Bacteria; Proteobacteria; Deltaproteobacteria; Syntrophobacterales; Syntrophaceae; Smithella 0.9 0.8 0.7

Bacteria; Proteobacteria; Deltaproteobacteria; Desulfobacterales; Desulfobacteraceae; Desulfofaba 0.7 1.3 1.0

Bacteria; Proteobacteria; Betaproteobacteria; Rhodocyclales; Rhodocyclaceae; Dechloromonas 0.5 0.4 0.3

Bacteria; Proteobacteria; Betaproteobacteria; Burkholderiales; Comamonadaceae; Rhodoferax 1.3 1.0 0.7

Bacteria; Proteobacteria; Betaproteobacteria; Burkholderiales; Comamonadaceae; Diaphorobacter 0.8 0.8 0.5

Bacteria; Proteobacteria; Betaproteobacteria; Burkholderiales; Comamonadaceae; Acidovorax 0.5 0.4 0.4

Bacteria; Firmicutes; Unclassified 0.8 0.7 0.3

Bacteria; Firmicutes; Clostridia; Clostridiales; Clostridiaceae; Clostridium 0.5 0.5 0.3

Bacteria; Cloacimonetes; Unclassified 7.1 6.5 3.6

Bacteria; Chloroflexi; Unclassified 1.2 0.7 0.5

Bacteria; Chloroflexi; Anaerolineae; Anaerolineales; Unclassified 1.4 0.8 0.4

Bacteria; Bacteroidetes; Sphingobacteriia; Sphingobacteriales; Unclassified; Unclassified 0.7 0.4 0.3

Bacteria; Bacteroidetes; Cytophagia; Cytophagales; Cytophagaceae; Cytophaga 18.9 16.8 12.3

Bacteria; Bacteroidetes; Bacteroidia; Bacteroidales; Bacteroidaceae; Bacteroides 1.9 0.7 0.6

Bacteria; Actinobacteria; Actinobacteria; Micrococcales; Intrasporangiaceae; Tetrasphaera 0.5 0.4 0.4

Bacteria; Actinobacteria; Actinobacteria; Micrococcales; Dermatophilaceae; Dermatophilus 1.1 0.8 0.7

Archaea; Unclassified 0.5 0.4 0.3

Archaea; Euryarchaeota; Methanomicrobia; Methanomicrobiales; Methanomicrobiaceae; Methanoculleus 0.8 1.0 1.0

Low abundance * 9.2 7.5 5.4

No Hit 4.5 3.5 2.1

* In the table only bacterial taxa with abundance over 0.5% were presented.

This value was one order of magnitude lower than for example the one noted in mesophilic
full-scale digesters with sewage sludge [24]; however, it was similar to the values noted in mesophilic
reactors for co-digesting of fish waste and cow manure (about 1%) [7] or solid-state digesters fed
with kitchen waste, pig manure and excess sludge (about 0.5%) [40]. In this study, despite being
only a small fraction of the entire microbial community, Archaea ensured efficient production of
methane-rich biogas.

The structure of the biomass in the reactors differed from that of the mixture for bioaugmentation.
This indicates that most of the microbes in the mixture were not able to survive in the reactors; however,
the ones that survived improved the efficiency of methane fermentation as concluded based on the rate
constant for biogas production and efficiency of SCOD removal. Within the biomass, the percentage
of unclassified bacteria increased with increasing dose of bioaugmenting mixture showing that high
diversity of yet unknown microorganisms was present in the reactor as a result of bioaugmentation.

Among Bacteria, the core communities belonged to the phyla Thermotogae, Spirochaetes,
Cloacimonetes, Actinobacteria, Bacteroidetes, Chloroflexi, Firmicutes, and Proteobacteria.
Bacteroidetes, Chloroflexi, Firmicutes, and Proteobacteria contain most of the identified species
of acidogenic bacteria that support the hydrolysis stage [41]. Microorganisms belonging to class
Cytophagia predominated in the biomass (12.3–18.9%). However, as doses of the bioaugmenting
mixture were increased, the percentage of Cytophaga sp. decreased; this was a strong association, with
an R2 value of 0.91, indicating that 91% of the variation in Cytophaga sp. abundance was associated
with the dose of bioaugmenting mixture. Similarly, an increased dose of this mixture was associated
with decreases in the percent abundance of the order Verrucomicrobiales (R2 = 1.00), the phyla
Cloacimonetes (R2 = 0.83), and Choroflexi (R2 = 1.00), including order Anaerolineales (R2 = 0.99).
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Members of the genus Cytophaga are important for anaerobic decomposition of biopolymers, such as
xylan or cellulose. Cytophaga xylanolytica is a mesophilic anaerobe that grows by fermentation of mono-,
di-, and polysaccharides (but not cellulose) to acetate, propionate, succinate, CO2, and H2; xylan-grown
cells of this species have xylanase and various glycosidase activities. Cytophaga hutchinsonii can rapidly
digest crystalline cellulose without free cellulases or cellulosomes [42]. As extracellular polymeric
substances may comprise up to 30% of activated sludge, these activities of Cytophaga sp. may be crucial
for efficient degradation of organics in fermented sludge.

The abundance of Pseudomonas sp. increased from 0.4% in R1 to nearly 4% in bioaugmented
R2 and R3 and it was the only identified genus whose abundance increased by such a large amount.
Such an increase can be advantageous for anaerobic digestion because Duran et al. [31] observed
that the presence of selected strains of genera Pseudomonas, Bacillus, and Actinomycetes improved
the anaerobic digestion of biosolids, increasing net CH4 production by 29% and diminished odor
formation. In addition, Xia et al. [43] reported that an increase in the proportion of some functional
organisms, including Pseudomonas sp., led to an increase in the efficiency of anaerobic digestion
when the proportion of more biodegradable, low molecular weight fractions (<20 kDa) was increased
10 times because of solubilization of some of the proteins, polysaccharides, nucleic acids, and humic-like
substances. In our study, the concentration of low molecular weight SCOD in the digest was negatively
correlated (R2 = 0.97) with the abundance of Pseudomonas sp. in the biomass in the bioaugmented
reactors, indicating that this genus played an important role in SCOD degradation.

Syntrophic bacteria comprised a significant part of the biomass. From 3.6 to 7.1% of the identified
sequences belonged to syntrophic prokaryotes from phylum Cloacimonetes. The analysis of the
proteome of Candidatus Cloacimonas acidaminovorans indicated that this bacterium derives carbon and
energy from the fermentation of amino acids and that it is a syntroph producing H2 and CO2 from
formate [44]. On the other hand, the abundance of phylum Cloacimonetes was linked with lowered
methane production in reactors fed with protein-rich substrates [7]. In this study, the abundance
of other syntrophic microorganisms belonging to Syntrophus sp. and Smithella sp. was relatively
stable in the reactors (1.4–1.8% and 0.7–0.9%, respectively). Smithella sp. are syntrophic acetogens
involved in propionate degradation in anaerobic digesters, while Syntrophus sp. oxidates fatty acids
and benzoate [41,45].

During the methane fermentation, Methanomicrobiales are usually less numerous than
Methanosarcinales [8]. In this study, the predominance of Methanomicrobiales (about 1% of all
identified sequences) in the species structure of Archaea indicated hydrogenotrophic methanogenesis
as the main pathway of methane generation. Although Methanosaeta sp. predominated in the liquor
used for bioaugmentation, Methanoculleus was the most abundant genus in the reactors. The idea
of the study was to bioaugment the reactor with Archaea microorganisms to support methane
production because this is the most critical step in the anaerobic digestion conducted by slow-growing
microorganisms and prone to changes in environmental conditions. From the microbial analysis of
biomass, it can be concluded that the biodiversity of bioaugmenting mixture reflecting the potential
of different species to colonize the fermentation reactors was low (only 11 species with abundance
over 0.5%). Despite this, bioaugmentation was successful in terms of the most abundant group that is
Methanosaeta sp. belonging to Methanosarcinales that produce methane via an acetotrophic pathway.
This genus was present in the experimental reactors, but its abundance was below 0.5%. Methanosaeta
sp. is sensitive to OLR. They were abundant in the mesophilic fermentation reactors that were operated
at an OLR of 1 kg COD m−3 day−1 but the increase in OLR to 2 kg COD m−3 day−1, at the maintained
process temperature, caused their disappearance from the biomass [46]. In the present study, OLR was
higher than the optimal for Methanosaeta sp.; therefore, although present in the biomass, they were not
able to outcompete Methanoculleus sp. that predominated in the reactors. Methanoculleus sp. commonly
occurs in digesters operated in meso- and thermophilic temperatures, including the digesters in which
the process is supported by physico-chemical treatment, e.g., microwave radiation [46]. Methanoculleus
sp. cope well with high OLRs, comprising over 40% of biomass during thermophilic co-digestion
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of manure and waste whey at an OLR of 60.4 g COD m−3 day−1 [40]. This fact may explain the
predominance in the present study of this genera among Archaea in the experimental reactors operated
at the higher OLRs.

4. Conclusions

Bioaugmentation decreased the HRT from 20 d to 16.7 d, but despite this decrease, the observed
daily biogas production, methane content in the biogas and the biogas yield per kg of VS were
similar in bioaugmented and control reactors. With bioaugmentation, SCOD removal improved,
especially in reactors operated at higher OLR, which can be attributed to the increase in the rate
of biogas production. Regardless of loading, the value of k was higher in bioaugmented reactors
than in control reactors. The structure of the biomass in all reactors was different from that of the
mixture for bioaugmentation and bioaugmentation diminished species diversity. In all digesters,
bacteria belonging to Thermotogae, Spirochaetes, Cloacimonetes, Bacteroidetes, and Proteobacteria
predominated with cellulose-hydrolyzing Cytophaga as the most abundant genus. The abundance of
Pseudomonas sp. increased as the dose of bioaugmentative mixture was increased. The predominance
of Methanoculleus sp. among Archaea indicated that hydrogenotrophic methanogenesis was the main
pathway of methane generation.
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4. Cycoń, M.; Mrozik, A.; Piotrowska-Seget, Z. Bioaugmentation as a strategy for remediation of pesticide-polluted
soil: A review. Chemosphere 2017, 172, 52–71. [CrossRef] [PubMed]

5. Chen, Q.; Ni, J.; Ma, T.; Liu, T.; Zheng, M. Bioaugmentation treatment of municipal wastewater with
heterotrophic-aerobic nitrogen removal bacteria in a pilot-scale SBR. Bioresour. Technol. 2015, 183, 25–32.
[CrossRef] [PubMed]

6. Neumann, L.; Scherer, P. Impact of bioaugmentation by compost on the performance and ecology of an
anaerobic digester fed with energy crops. Bioresour. Technol. 2007, 102, 2931–2935. [CrossRef] [PubMed]

7. Solli, L.; Håvelsrud, O.E.; Horn, S.J.; Rike, A.G. A metagenomic study of the microbial communities in four
parallel biogas reactors. Biotechnol. Biofuels 2014, 7, 146. [CrossRef] [PubMed]

8. Tabatabaei, M.; Rahim, R.A.; Abdullah, N.; Wright, A.-D.G.; Shirai, Y.; Sakai, K.; Sulaiman, A.; Hassan, M.-A.
Importance of the methanogenic archaea populations in anaerobic wastewater treatments. Process Biochem.
2010, 45, 1214–1225. [CrossRef]

9. Nielsen, H.B.; Mladenovska, Z.; Ahring, B.K. Bioaugmentation of a two-stage thermophilic (68 ◦C/55 ◦C)
anaerobic digestion concept for improvement of the methane yield from cattle manure. Biotechnol. Bioeng.
2007, 97, 1638–1643. [CrossRef] [PubMed]

85



Int. J. Environ. Res. Public Health 2018, 15, 1717

10. Li, P.; Wang, Y.; Wang, Y.; Jiang, Z.; Tong, L. Bioaugmentation of cellulose degradation in swine wastewater
treatment with a composite microbial consortium. Fresen. Environ. Bull. 2010, 19, 3107–3112. [CrossRef]

11. Wang, A.; Ren, N.; Shi, Y.; Lee, D.-J. Bioaugmented hydrogen production from microcrystalline cellulose
using co-culture—Clostridium acetobutylicum X9 and Ethanoigenensharbinense B49. Int. J. Hydrogen Energy 2008,
33, 912–917. [CrossRef]

12. Cirne, D.G.; Bjornssom, L.; Alves, M.; Mattiasson, B. Effects of bioaugmentation by an anaerobic lipolytic
bacterium on anaerobic digestion of lipid-rich waste. J. Chem. Technol. Biotechnol. 2006, 81, 1745–1752.
[CrossRef]

13. Venkiteshwaran, K.; Milferstedt, K.; Hamelin, J.; Zitomer, D.H. Anaerobic digester bioaugmentation
influences quasi steady state performance and microbial community. Water Res. 2016, 104, 128–136.
[CrossRef] [PubMed]

14. Schmidt, J.E.; Larsen, S.B.; Karakashev, D. Ex-situ bioremediation of polycyclic aromatic hydrocarbons in
sewage sludge. WIT Trans. Ecol. Environ. 2008, 10, 189–198. [CrossRef]

15. Poszytek, K.; Pyzik, A.; Sobczak, A.; Lipinski, L.; Sklodowska, A.; Drewniak, L. The effect of the source
of microorganisms on adaptation of hydrolytic consortia dedicated to anaerobic digestion of maize silage.
Anaerobe 2017, 46, 46–55. [CrossRef] [PubMed]

16. Li, Y.; Zhang, Y.; Sun, Y.; Wu, S.; Kong, X.; Yuan, Z.; Dong, R. The performance efficiency of bioaugmentation
to prevent anaerobic digestion failure from ammonia and propionate inhibition. Bioresour. Technol. 2017,
231, 94–100. [CrossRef] [PubMed]

17. Schauer-Gimenez, A.E.; Zitomer, D.H.; Maki, J.H.; Struble, C.A. Bioaugmentation for improved recovery of
anaerobic digesters after toxicant exposure. Water Res. 2010, 44, 3555–3564. [CrossRef] [PubMed]

18. Tale, V.P.; Maki, J.S.; Zitomer, D.H. Bioaugmentation of overloaded anaerobic digesters restores function and
archaeal community. Water Res. 2015, 70, 138–147. [CrossRef] [PubMed]

19. Herrero, M.; Stuckey, D.C. Bioaugmentation and its application in wastewater treatment: A review.
Chemosphere 2015, 140, 119–128. [CrossRef] [PubMed]

20. Mehariya, S.; Patel, A.K.; Obulisamy, P.K.; Punniyakotti, E.; Wong, J.W.C. Co-digestion of food waste and
sewage sludge for methane production: Current status and perspective. Bioresour. Technol. 2018. [CrossRef]
[PubMed]

21. Raper, E.; Stephenson, T.; Anderson, D.R.; Fisher, R.; Soares, A. Industrial wastewater treatment through
bioaugmentation. Process Saf. Environ. Prot. 2018, 118, 178–187. [CrossRef]

22. Zhang, Q.-Q.; Yang, G.-F.; Zhang, L.; Zhang, Z.-Z.; Tia, G.-M.; Jin, R.-C. Bioaugmentation as a useful strategy
for performance enhancement in biological wastewater treatment undergoing different stresses: Application
and Mechanisms. Crit. Rev. Environ. Sci. Technol. 2017, 47, 1877–1899. [CrossRef]

23. American Public Health Association. Standard Methods for the Examination of Water & Wastewater, Centennial
Edition 21 ed.; American Public Health Association: Washington, DC, USA, 2005.
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Abstract: The softening effect of a new type of circulating pellet fluidized bed (CPFB) reactor on
groundwater was studied through a full-scale experiment. The operation of the CPFB reactor in the
second water plant in Chang’an District in Xi’an China was monitored for one year, and the results
were compared with those for the Amsterdam reactor in The Netherlands. The removal efficiency
of Ca2+ in the CPFB reactor reached 90%; the removal rate of total hardness was higher than 60%;
effluent pH was 9.5–9.8; the turbidity of the effluent and the turbidity after boiling were lower than
1.0 NTU; the unit cost was less than €0.064 per m3; and the softened effluent was stable. The pellets
in the CPFB reactor were circulated, providing higher crystallization efficiency. The diameter of the
discharged pellets reached between 3–5 mm, and the fluidized area height of the CPFB reactor was
4 m. The performance parameters of the CFPB reactor were optimized.

Keywords: pellet reactor; circulating fluidization; groundwater softening; full-scale experiment

1. Introduction

Pellet softening in a fluidized bed reactor was developed and introduced in the 1970s in The
Netherlands [1]. Almost all of the drinking water in The Netherlands was conditioned in 2016 and
approximately 50% was softened by pellet fluidized bed (PFB) reactors [2]. PFB reactors provide
evident advantages over the lime or adsorption softening of water [3,4].

The Amsterdam reactor is currently the most widely used PFB reactor. The fluidized bed part is
a part of the Amsterdam reactor, which is cylindrical with a height of approximately 5 m [5,6]. Seeds
are placed at the bottom of the reactor and fluidized under upward flow. The calcium carbonate
(CaCO3) crystallization on the seeds mainly occurs at the bottom of the reactor [6,7]. The pilot and
full-scale study of the Amsterdam reactor on the removal of total hardness (TH) and Ca2+ and the
development of the growth kinetics of pellets were carried out in the Weesperkarspel drinking water
treatment and pilot plant of Waternet in Amsterdam, The Netherlands [2,8,9]. For example, Hofman
et al. (2006) presented 20 years of experience with PFB reactor softening in The Netherlands. They
reported that the pellets discharged from the reactor reached approximately 1.0 mm, and the removal
rate of Ca2+ was approximately 50% [1]. Van Schagen et al. (2008) adopted mathematical models to
show that the pellet size control in a PFB reactor had a significant influence on performance with
respect to the water quality parameter. Maintaining the pellet size at the bottom of the reactor at
0.8 mm instead of 1.4 mm reduced the supersaturation of CaCO3 in the water after the reactor by
50%. However, this increased the consumption of the seeding material by 550% [10]. Schetters et al.
(2015) studied the reuse of ground pellets as seeding material in the pellet-softening process through
a pilot-scale experiment. The effluent TH was in the range of 0.2 mmol/L to 2.0 mmol/L, and the
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pellet discharge diameter was only between 0.6–1.2 mm [8]. Chen et al. (2016) applied the Amsterdam
reactor in recirculating cooling water softening, and analyzed the influence factors, including the pH,
height of the fluid bed, particle size, influent flow, and reflux ratio (ratio of the part of the effluent flow
refluxed to influent flow and influent flow) on hardness removal. The effluent concentration of Ca2+

reached a removal efficiency of 86.6% [11]. Hu et al. (2017) studied the influence of factors including
superficial velocity (SV), particle size (L0), and supersaturation (S) on the pellet growth rate of CaCO3.
In addition, they developed two models of pellet growth rate and fixed bed height growth rate in
a pilot-scale experiment on the Amsterdam reactor, and reported that the pellet discharge diameter
reached 1 mm to 2 mm [12].

It can be seen from the above-mentioned studies that the diameter of discharged pellets can
only reach 1 mm to 2 mm, and the size of the pellets was uneven from the bottom to the top of
a reactor. However, the size and distribution of the pellets in a PFB reactor can directly determine the
crystallization efficiency and the resistance ability against hydraulic impact. Disturbed layers were
observed frequently. Bed height depended on flow, and garnets were typically flushed out of the
reactor [13]. The removal efficiency of TH and Ca2+ can be further improved. This paper introduces
a circulating pellet fluidized bed (CPFB) reactor that helps the circulation growth of pellets based on
the Amsterdam reactor. The pellet size tends to be uniform in the crystal growth process from the
bottom to the top of the reactor. The CPFB reactor can effectively prevent the problem of uneven
pellet size, extend the discharge time, improve the crystallization efficiency, reduce the reactor height,
increase the discharge size of the pellet, and ensure the high removal efficiency of TH and Ca2+.

2. Materials and Methods

2.1. Material

The water source of the full-scale experiment was the groundwater of the second water plant in
Chang’an District, Xi’an, China. Table 1 presents the water quality data, showing that the water is
mainly characterized by temporary hardness, which is extremely suitable for PFB reactor softening.
The turbidity after boiling should be considered as the standard for softening to ensure drinking
water quality.

Table 1. Groundwater quality.

No. Water Quality Value

1 pH 7.6–7.7
2 Temperature/◦C 18–21
3 Turbidity of raw water/NTU <1
4 Turbidity after boiling/NTU 90–100
5 Total alkalinity (CaCO3)/(mg/L) 262

6 Bicarbonate alkalinity
(CaCO3)/(mg/L) 262

7 Total hardness (TH)
(CaCO3)/(mg/L) 286

8 Ca2+ (mg/L) 75
9 Mg2+ (mg/L) 24

Garnets with a size range of 0.2 mm to 0.4 mm, and a density of 3.93 g/cm3, were used as seeds
in pellet reactors. NaOH was adopted as a softening agent, and its mass concentration was 30% [12].
Hydrochloric acid (HCl) was used to adjust pH, and its mass concentration was 30%.

2.2. Full-Scale Experimental System

Figure 1 shows the diagram of the full-scale pellet softening reactor. The softening system was
mainly composed of influent and effluent systems, a NaOH dosing system, an acid-dosing system,
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a seed-dosing system, and pellet discharge and storage systems. The core of this system was the CPFB
reactor, which produces 5000 m3 of soft water every day.Int. J. Environ. Res. Public Health 2018, 15, x  3 of 11 
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Figure 1. Schematic diagram of the full-scale pellet softening reactor.

The CPFB reactor was different from the single layer cylinder structure of the Amsterdam reactor,
which had a double cylinder structure and a different diameter for the upper and lower cylinders.
The crystalline pellets can circulate to the bottom in the upper part of the inner cylinder. The structure
design improved the growth efficiency of the pellets and stabilized the bed height.

The specific equipment parameters of the system are shown in Table 2. As shown in the table,
the superficial velocity of the CPFB reactor was 60 m/h to 100 m/h, and the fluidized area height was
4 m, which was lower than that of the Amsterdam reactor (5–6 m) [6,14].

Table 2. Equipment parameters. CPFB: circulating pellet fluidized bed.

No. Equipment Name Parameter Remarks

1 Pipeline pump H = 0–25 m, Q = 200 m3/h,
P = 15 kW

Frequency conversion pump

2 CPFB reactor D = 1.6 m, H = 4.0 m Stainless steel
3 Acid bucket V = 12 m3 Polyethylene, design for 7 days
4 NaOH bucket V = 12 m3 Polyethylene, design for 10 days
5 Pellet storage box V = 15 m3 Carbon steel

2.3. Experiment Process Description

High hardness groundwater was measured using an electromagnetic flowmeter, pumped into the
CPFB reactor, and reacted with NaOH. A certain amount of garnet crystal seeds was pumped into the
CPFB reactor after mixing with water through a pellet pump every day in normal operation. Mature
pellets were discharged into the pellet storage box every day based on pressure change. Effluent pH
was adjusted to 7–8 by HCl after the static mixer.

In the normal water supply process, superficial velocity was controlled by influent flow; then,
NaOH dosage and acid dosage were adjusted manually based on influent flow. The hardness removal
efficiency, the pressure change process in the CPFB reactor, and the growth kinetics of pellets were
studied using water samples and pellet samples that were obtained at different heights of the CPFB
reactor and at the outlet every few days. The system operation parameters are shown in Table 3.
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Table 3. Operation parameters.

No. Parameter Name Value

1 Superficial velocity/m/h 60–100
2 NaOH dosage/mg/L 38–150
3 HCl dosage/mg/L 16–80
4 Pellet discharge/kgCaCO3/day 300–400
5 Garnet dosage/kg/time/day 25–50
6 pH before acidification 9.5–9.9
7 pH after acidification 7.0–8.0

2.4. Analysis Methods

The hardness and Ca2+ and Mg2+ concentrations of inlet water and outlet water was analyzed
through ethylenediaminetetraacetic acid (EDTA) [15]. After drying, pictures of the pellets were taken
using the microscope Nikon 50i (Nikon, Tokyo, Japan). The diameters of the pellets were determined
by employing the American Society of Testing Materials (ASTM) sieving method [16]. The average
pellet diameter was calculated by using Equation (1) [12]. The fluidized bed height after expansion was
measured by a meter ruler. Pressure was monitored by an online pressure meter. pH was monitored
using an online real-time pH meter and a handheld portable pH meter [10].

dp =
1

∑ xi
dpi

(1)

where dp is the average diameter of the pellets in mm; xi is the mass fraction of the pellets trapped
in the i sieve net layer; and dpi is the average diameter of the pellets trapped in the i sieve net layer
in mm.

The information about the influent flow, inlet pressure, fluidized bed pressure, and effluent pH
required in the experiment was collected in real time and transmitted to the central control room.

3. Results and Discussion

3.1. Experimental Study on NaOH and HCl Dosage Optimization

Figure 2a shows the variation in the NaOH and HCl dosages and effluent pH with time during
operation in 2017. The data can be divided into the experimental data collection stage in months one to
eight, and the steady system operation stage in months eight to 12. It can be seen from the figure that
effluent pH increased with NaOH dosage, and the pH after adjustment decreased as the HCl dosage
increased. In the normal system operation stage, the NaOH dosage was 180 mg/L; the HCl dosage
was 50 mg/L, and the pH value can be adjusted to be stable between seven and eight.

Figure 2b depicts how the TH and Ca2+ and Mg2+ concentrations of the CPFB reactor effluent
changed with time. The CPFB reactor evidently removed TH and Ca2+, with removal rates reaching
60% and 90% at 18–21 ◦C, respectively. According to the dosage and removal rate data, the removal
of 1 mM Ca2+ needed 2.6 mM NaOH. As expected, the pellet softening process reduced the CaCO3

content in the water, and left the Mg2+ concentration unchanged [1], because the removal of Mg2+

must ensure that the pH exceeds 11 [17]. The pH of the CPFB reactor was controlled between 9.5–10
(Figure 2a).
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Figure 2. (a) Change in NaOH/HCl/pH and (b) TH and Ca2+/Mg2+ concentrations with time.

Figure 2 shows that the CPFB reactor ran smoothly, and the removal rates of TH and Ca2+ slightly
fluctuated. Thus, the TH of the effluent, the average concentration of Ca2+ in the effluent, the turbidity
of the effluent, and the turbidity after boiling under different NaOH dosage conditions can be calculated
using the data shown in Figure 2. Figure 3 illustrates the direct relationship between the effluent pH
and the ionic concentration and turbidity. Thus, the crystallization and hardness removal effects of the
CPFB reactor can be predicted by monitoring the effluent pH, which was useful for automatic control
and effluent quality prediction. Figures 2 and 3 depict that the CPFB reactor exhibited a good and
stable removal effect for hardness when the NaOH dosage was 180 mg/L (pH reaches 9.7) and HCl
dosage was 50 mg/L (pH reaches 7–8). It also ensured that the effluent turbidity and the turbidity
after boiling were less than 1.0 NTU.
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Figure 3. (a) Variation in TH and average concentrations of Ca2+ and Mg2+ with pH and (b) Variation
in turbidity before acidification and turbidity after boiling with pH.

Various reports presented that the softening effect of the PFB reactor is not exactly the same
during operation because of the different drinking water quality standards in different countries and
different softening purposes such as drinking and scale inhibition. At the same time, the removal rate
of calcium and hardness is affected not only by the crystallization process, but also by the dosage of
softeners, the types of softeners, and alkalinity. However, the literature has rarely reported on the
CPFB reactor providing removal rates of 90% and 60% for Ca2+ and TH, respectively. For example,
Hofman et al. (2006) presented the water quality parameters of raw and treated water with 20 years
of operation experience in Waternet, Vitens and Brabant Water and found a Ca2+ removal rate of less
than 50% [1,18]. Hammes et al. (2011) reported that the “Amsterdam-type” pellet softening reactor
could reduce Ca2+ concentration from 1.65 mM to 0.8 mM; the removal efficiency was only 50% [14].
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Therefore, the CPFB reactor has significant advantages in water softening, which can provide data
references for engineering with a high Ca2+ or TH removal rate.

3.2. Experimental Study on Pellet Distribution and Hardness Removal Characteristics at Different Heights of
CPFB Reactor

Figure 4a,b shows the relationship between the average pellet size distribution and the mass
percentage of CaCO3 at different heights of the CPFB reactor with an increase in operation time. Pellet
size became consistent at different heights of the CPFB reactor as the operation time increased, which
is considerably different from the literature, where the pellet diameter in the Amsterdam PFB reactor
gradually decreased from the bottom to the top. The pellet size at the bottom can reach 1–2 mm.
However, the pellet size at the top was only 0.2–0.3 mm. These pellets were not yet crystallized [10,14].
The pellet size distribution state was affected by the water flow fluctuation. If influent flow increases
abruptly, the higher velocity will take small pellets out of the PFB reactor.
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Figure 4. (a) Granularity distribution and (b) the mass percentage of CaCO3 at different heights of the
CPFB reactor.

The pellet size distribution in the CPFB reactor tended to be uniform because of its double cylinder
structure design, which can make the circulating pellets grow. The special pellet circulation structure
of the CPFB reactor resulted in a different growth kinetics of the pellets compared to the Amsterdam
reactor. In the CPFB and Amsterdam reactors, crystallization occurred mainly at the bottom of the
reactor [7,19]. As shown in Figure 5, more than 90% of TH and Ca2+ were removed below 0.5 m in the
CPFB reactor. The water and the chemicals mixed at the bottom of the reactor; thus, the pellets at the
bottom of the reactor crystallized first. However, the pellet location in the Amsterdam reactor remained
relatively stable under hydraulic screening; thus, the pellet size at the bottom rapidly increased. In
the CPFB reactor, the small pellets at the top fell to the bottom under different density flows, then,
they were flushed up by the flow. The CaCO3 crystallization was in progress when the pellets were
flushed up. The pellet size at the bottom continuously increased, the voidage in the fluidized zone
increased, and the pellets were constantly poured into the circulation zone for growth. Finally, the
pellet size of the entire fluidized zone tended to be uniform, which was why the average pellet size and
the mass percentage of CaCO3 in the CPFB reactor were the same at different heights after operation
for two weeks, as shown in Figure 4.

Therefore, the unique structure of the CPFB reactor increased the utilization of the seed material,
extended the discharge time of the mature pellets, and importantly, reduced the height of the CPFB
reactor. Due to the increase in crystallization efficiency, more than 90% of the hardness was removed
below 1.0 m in the CPFB reactor, while the Amsterdam reactor can only remove 75% below 1.5 m [14].
Therefore, the height of the fluidization zone of the CPFB reactor was only 4.0 m, and it was likely to
decrease further. The height of the Amsterdam reactor was mostly 5–6 m.
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Figure 5. Removal of TH and Ca2+ at different running times of the CPFB reactor.

3.3. Experimental Study on Pellet Growth

Figure 6a shows the relationship between the average pellet size and the mass percentage of
CaCO3 when the CPFB reactor has just started to run. The average pellet size and the mass percentage
of CaCO3 were positively related to running time. However, the growth rate of the average pellet
size was the same, while the rate of increase in the mass percentage of CaCO3 presented a slower
trend with running time. This is mainly because there is a relationship between the increase in the
pellet size and the mass of the crystallized CaCO3. The mass of the crystallized CaCO3 was the same
every day under the condition that the influent flow and hardness of the inlet and outlet water were
stable. However, the increase in the mass percentage of CaCO3 of every pellet was related to the
crystallization efficiency of CaCO3 for each pellet. Accordingly, the crystallization efficiency decreased
as the pellet size increased [15]. However, note that a certain function relationship existed between the
pellet size and the mass percentage of CaCO3, as shown in Figure 6b [10,20].
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Figure 6. (a) Change in the average pellet size and the percentage of CaCO3 with running time at the
bottom of CPFB reactor, and (b) Relation between the average pellet size and the percentage of CaCO3.

From Figure 6a, it can be seen the average pellet size was only approximately 0.8 mm when the
reactor had run for 30 days. The crystallization efficiency of pellets was relatively high, and the mass
percentage of CaCO3 increased. The first discharge time was considerably prolonged. As described
in Section 2.2, pellets can grow cyclically in the CFPB reactor; therefore, the size of pellets was less
at the bottom of the reactor. The pellet growth rate can be calculated by fitting the growth curve of
the pellet size, and it was approximately 2.01 × 10−10 m/s, which was not less compared with that in
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the literature [12,16,21,22]. The functional relationship between the average pellet size and the mass
percentage of CaCO3 can be obtained from Figure 6b. Thus, when one of the variables is known, it can
be used to calculate another variable [5].

3.4. Experimental Study on the Relationship between Pressure and Bed Height Variation and Pellet Discharge

Figure 7a shows the change in inlet pressure with time. The increase in influent pressure (p)
was directly proportional to time (t); the functional relation can be fitted as p = 0.0023 t + 0.0720
(R2 = 0.99). Similarly, the increase in the bottom pressure (p) was proportional to time (t), and the
functional relation can be fitted as p = 0.0016 t + 0.052 (R2 = 0.99). These two formulas indicate
that the influent pressure changed by 2.3 kPa daily, and the bottom pressure changed by 1.6 kPa.
The influent pressure and bottom pressure increased with the operation time because of the continuous
crystallization of CaCO3 on the crystal seeds every day. Based on the hardness of the influent and
effluent, crystallization mass can be calculated to be approximately 430 kg/day, which can produce
a pressure of approximately 2.1 kPa at the bottom of the CPFB reactor. The change in the pressure at
the bottom of the reactor was the same as that obtained through fitted data.
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Figure 7. Change in (a) pressure and (b) bed height with operation time.

The change in the bed height of the PFB reactor was examined in a few studies [9,16,19]. Figure 7b
shows the change in bed height with time. The increase in bed height (h) was directly proportional
to time (t), and the data can be fitted to h = 0.21 t + 0.67 (R2 = 0.99). The change in the bed height of
the PFB reactor can be calculated to be approximately 0.21 m/day through the formula, which was
coincident with that observed in the actual operation.

The actual pressure change and bed height change laws of the CPFB reactor can be obtained
through Figure 7. The pellet discharge was closely related to the two change laws during the actual
operation. In the early stage of CPFB reactor testing, the balance between the pellet discharge size
and the bed height change must be found, and the pressure range of the CPFB reactor can also be
determined at this time. The pellet discharge began when the pressure exceeded a certain value;
when pressure is below a certain value, the pellets discharge stopped, and crystal seeds began to dose.
The dosage of crystal seeds was calculated based on the daily discharge. The control mode of the pellet
discharge and the dosage of crystal seeds were similar to those of the Amsterdam reactor [13]. However,
owing to the circulatory crystallization of pellets in the CPFB reactor, the size of the discharged pellets
was larger, as shown in Figure 8. Most of the pellet sizes in the CPFB reactor during normal operation
were approximately 3–5 mm, which was considerably higher than the size of the discharged pellets for
the Amsterdam reactor (1–2 mm) [7,14,23]. Importantly, the softening effect was ensured under high
crystallization efficiency. The performance was better than that reported in the literature, where small
white pellets appeared in the effluent when the pellet discharge diameters >1.1 mm [8]. However,
as seen from Figure 8b, the pellets were not particularly uniform, mainly because the size of a few
pellets increased until the flow could not suspend them in the process of pellet circulation, and these
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pellets will always crystallize at the bottom, leading to oversizing (larger than 5 mm). Therefore, it
is necessary to discharge oversized pellets as far as possible during the pellet discharge process to
prevent the effect of oversized pellets on the water quality.
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3.5. Costs

Pellet softening on a large scale is relatively inexpensive. This process is more expensive when it
is applied at a smaller scale, such as the majority of groundwater treatments in The Netherlands [1]. As
described in the literature [1], the average cost for the large-scale treatment is €0.02 per m3 (101 million
m3/year), but the average cost can be increased to at least €0.25 per m3 when the Amsterdam reactor
is applied at a smaller scale. For the CPFB reactor softening system, the annual cost for the treatment
of 5000 m3/day (installed capacity) mainly includes chemical cost, energy cost, and other costs. Other
costs consist of the garnet cost and the labor cost, etc., which can be neglected. The specific cost analysis
can be seen in Table 4.

Table 4. Cost analysis.

No. Cost Composition Euro Percentage (%)

1 NaOH 69,228 65
2 HCl 19,230 18
3 Garnet 1154 1
4 Energy 13,461 12
5 Labor 3846 4
6 Total cost 106,919 100
7 Unit cost (€ per m3) 0.058 /

As shown in the table, the cost of unit water treatment is € 0.058 per m3, while the chemical cost
(NaOH + HCl) is 83% of the total cost, and the labor cost is only 4%. These values are significantly
different from the cost composition of the Amsterdam reactor provided in the literature, in which
the chemical and labor costs account for 32% and 25% of the total cost, respectively. This difference
is mainly caused by the low labor cost in the water treatment plants of China. Even though the
variations in cost are primarily caused by the variations in the market prices of NaOH and HCl,
the water treatment cost of the CPFB reactor softening system is still lower than that of the Amsterdam
reactor [1,8].

4. Conclusions

This study investigated the performance parameters of a CPFB reactor using a full-scale
experiment system. The following conclusions were obtained:
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1. In the CPFB reactor, the removal rate of Ca2+ and TH can reach 90% and 60%, respectively, and
the effluent pH can be controlled between 9.5–9.8. The turbidity of the effluent and the turbidity
after boiling are stable at less than 1.0 NTU. The unit water treatment cost is less than €0.064 per
m3. The CPFB reactor has advantages in terms of the softening effect and cost.

2. The unique structure of the CPFB reactor improves the crystallization efficiency, increases the
utilization of the seed material, and extends the discharge time of mature pellets. The size of the
discharged pellets can reach 3–5 mm, and the height of the CPFB reactor is reduced from between
5–6 m to 4 m.
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Abstract: Antibiotics pose potential ecological risks in the water environment, necessitating their
effective removal by reliable technologies. Adsorption is a conventional process to remove such
chemicals from water without byproducts. However, finding cheap adsorbents with satisfactory
performance is still a challenge. In this study, polystyrene microspheres (PSM) were enhanced
to adsorb tetracycline by surface modification. Simple urea immersion was used to prepare
urea-immersed PSM (UPSM), of which surface groups were characterized by instruments to confirm
the effect of immersion. Tetracycline hydrochloride (TC) and doxycycline (DC) were used as typical
adsorbates. The adsorptive isotherms were interpreted by Langmuir, Freundlich, and Tempkin
models. After urea immersion, the maximum adsorption capacity of UPSM at 293 K and pH 6.8
increased about 30% and 60%, achieving 460 mg/g for TC and 430 mg/g for DC. The kinetic data
were fitted by first-order and second-order kinetics and Weber–Morris models. The first-order rate
constant for TC adsorption on UPSM was 0.41 /h, and for DC was 0.33 /h. The cyclic urea immersion
enabled multilayer adsorption, which increased the adsorption capacities of TC on UPSM by two
to three times. The adsorption mechanism was possibly determined by the molecular interaction
including π–π forces, cation-π bonding, and hydrogen bonding. The simple surface modification was
helpful in enhancing the removal of antibiotics from wastewater with similar structures.

Keywords: microsphere resin; urea immersion; adsorption isotherms; surface characterization;
kinetics analysis; multilayer adsorption

1. Introduction

Antibiotics are a concern as contaminants in the water environment due to their potential
ecological risks and ubiquitous distribution in the world [1]. Among the many categories of antibiotics,
reagents in the tetracycline group have been used extensively to control disease in human beings and
livestock, due to their broad-spectrum antimicrobial activities [2]. Tetracycline (TC) and doxycycline
(DC) are typical widely used tetracycline antibiotics. The potential health risks of residual antibiotics in
the aqueous environment lie in the possible development of drug resistance in bacteria, challenging the
current therapies of known antibiotics [3]. Compared with aerosol and soil, aqueous phase transporting
in wastewater, sewers, surface water, and groundwater was thought to be the dominant way to spread
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antibiotics and antibiotic resistance to remote areas and society [4]. Therefore, antibiotic contamination
is a serious environmental issue that needs an effective response.

Many effective techniques have been developed to remove or degrade residual antibiotics in
wastewater, such as adsorption [5], advantage oxidation [6,7], activated sludge transformation [8],
electrochemical treatment [9], biological composition [10], membrane filtration [11], etc. Adsorption
was an old but clean, easy, and efficient process to remove aqueous pollutants [12]. Engineers could
adapt the adsorption process rapidly by utilizing existing apparatus such as filter or dosing pumps.
Thus large wastewater treatment plants in the pharmaceutical industry could be easily equipped, or
on-site small apparatuses could be used in rural areas. During adsorption treatment, very few
byproducts are produced and released into the water, resulting in less risk of unknown and
uncontrolled products in oxidation processes that could be hazardous to the ecosystem. There were
many difficulties in applying adsorption in antibiotics removal, such as unselective adsorption,
insufficient capacity, and high cost of adsorbent. Finding cheap adsorbent with satisfactory
performance is still a challenge. Thus people have attempted to use carbonaceous materials [13],
sludge [14], natural minerals [15], siliceous materials [16,17], and polymer resins [18–20] to remove
antibiotics. Therefore, understanding the adsorption properties of antibiotics is important for
engineering approaches to improve their performance.

Polymer resin microspheres, with the merits of low cost, high porosity, large surface area,
and adsorption capacity, have potential for commercial application [14,19–22]. Surface modification
is important to acquire designed functions of adsorbents. Surface modification was a typical way
to improve the selectivity and capacity of antibiotics adsorption [22,23], as well as easier phase
separation by magnetic forces [14,19,21]. Modification of the functional groups on the surface can
increase adsorption capacity by enhancing the chemical bonds to the target chemicals. For example,
adsorption of TC has been enhanced by surface functionalization by the amino-ferrous group [24] and
amino-copper group [25]. Modification with the anion exchange group improved adsorption capacity
to more than 355 mg/g [26].

Tetracycline reagents have multiple functional groups (Supplementary Figure S1),
including phenol, amino, alcohol, and ketone groups, which are capable of electronic coupling and
various reactions. One idea is to impregnate an amino group (–NH2) on the adsorbent surface as
a neutral anion receptor to link an ester group (–COO–R) in antibiotic molecules, in order to form
chelated complexes with hydrogen bond acceptors like ditopic carboxylates. Another choice is to use a
carbonyl group as an electron donor to enhance the π–π interaction and cation-π bonding. As a kind
of simple and cheap commercial material, urea (CO(NH2)2) combined with two amino (–NH2) and
one carbonyl (C=O) functional group, makes it a good agent to interact with tetracycline molecules.

In this paper, we modified the surface of polystyrene ethylenediaminetetraacetate (EDTA)
microsphere (PSM) resin by simply immersing it in urea solution. Then, the urea modified PSM
(UPSM) was characterized by Brunauer–Emmett–Teller (BET), x-ray photoelectron spectroscopy (XPS),
and infrared (IR) to confirm the effects of impregnation. Later, we conducted adsorption experiments
to evaluate their capacity to remove TC and DC from water. Finally, the interaction between antibiotic
molecules and UPSM surface is discussed.

2. Materials and Methods

2.1. Microsphere Modification

Polystyrene EDTA microsphere (PSM) resins were synthesized according to a reported
thermal-solvent method [26]. The polystyrene microspheres were first synthesized by gentle agitation
to control the average diameter to about 900 µm. Then the surface was functionalized by adding EDTA
groups by 2 steps of reactions. The formula of PSM is shown in Supplementary Figure S1. The material
has been successfully applied to treat aqueous pollutants [27,28].
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The urea-immersed PSM (UPSM) was acquired by immersing the PSM into 100 g/L of urea
solution for 12 h. The urea solution was prepared by dissolving 5 g urea powder (Alfa Aesar, Johnson
Matthey Company, West Chester, PA, USA) in 50 mL of ultrapure water. Then 2 g of PSM was mixed
with 50 mL of urea solution in a 100 mL 3-necked glass flask. The mixture was agitated in a thermostatic
shaker at 150 rpm and 25 ± 1 ◦C for 12 h. After filtration, the UPSM were intensively washed by
ultrapure water 10 times to remove the excessive urea. Then the UPSM were dried in an oven with
desiccants at room temperature overnight.

2.2. Surface Characterization

The surface morphologies of PSM and UPSM were characterized by using a scanning electron
microscope (SEM; HT 7700, Hitachi Corp., Tokyo, Japan). The SEM images were similar between PSM
and UPSM, as shown in Supplementary Figure S2. Their surface areas in Brunauer–Emmett–Teller
(BET) were determined by N2 adsorption-desorption isotherm at liquid nitrogen temperature (TriStar
3020 II, Micromeritics Instrument Corp., Norcross, GA, USA). The instrumental parameters were
default as described in the manual and guidance. The surface area of UPSM was slightly higher than
that of PSM, as shown in Supplementary Figure S3. The pore size distributions of PSM and UPSM
were close to each other (Supplementary Figure S4).

The surface functional groups of PSM and UPSM were identified by Fourier transform infrared
(FT-IR) spectroscopy using the KBr tableting technique on an FT-IR spectrometer (PE Spectrum GX,
Perkin-Elmer Corp., Waltham, MA, USA) in transmission mode. The elemental analysis was conducted
by x-ray photoelectron spectroscopy (XPS) on an electron spectrometer (PHI Quantera II, Ulvac-Phi
Corp., Chigasaki, Japan) using 300 WAl-Ka radiation.

2.3. Chemicals and Analysis

The target antibiotic reagents, tetracycline hydrochloride (TC) and doxycycline hydrochloride
(DC), were purchased from a commercial supplier (Inalco spa Milano, Milan, Italy). The molecular
structures and other information of urea and tetracycline are shown in Supplementary Table S1.
All chemicals were of analytical grade and used without pretreatment. Ultrapure water (Milli-Q,
Millipore Co., Burlington, MA, USA) was used to prepare the solutions.

The concentrations of TC and DC in aqueous solution were determined on a UV-Vis
spectrophotometer (U-3900, Hitachi Corp., Japan). The specific wavelength for TC was 360 nm
and for DC was 325 nm according to the maximum absorption. The concentration was calibrated
from linear standard curves (R2 > 0.999). Control experiments were conducted by mixing 40 mg/L
tetracycline with 100 g/L urea with equal volume. After 12 h, the residual concentrations of TC and
DC changed by less 1% of the initial values, indicating that tetracycline molecules are inert with urea
in the solution.

Hydrochloric acid (HCl) and sodium hydroxide (NaOH) were ordered from a local supplier
(Shanghai Chemical Reagents Co., Shanghai, China) to prepare HCl solution in 0.1 mol/L (M) and
NaOH in 0.1 M. The bulk pH of the solutions was adjusted before adsorption experiments by dosing
drops of above acid and base manually. The instant pH value was read out by a laboratory pH meter
1 min after dosing.

2.4. Adsorption Experiments

Preliminary adsorption experiments were conducted to determine the optimal bulk pH in the
gradient range (pH 2.7, 6.8, 8.5 and 10.3). Kinetic curves at the gradient pH were acquired by exposing
60 mg/L of TC or DC to 60 mg of UPSM. The results are shown in Supplementary Figure S5, in which
the optimal pH was determined to be 6.8.

For isothermal experiments, tetracycline solutions at 16 levels of initial concentration
(100–2000 mg/L) were prepared to expose to 60 mg of PSM or UPSM in a volume of 20 mL. The mixture
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was agitated in a thermostatic shaker at a speed of 150 rpm and temperature of 25 ◦C. The experiments
lasted for 24 h to ensure that the adsorption reached the equilibrium state.

For kinetic experiments, 60 mg of PSM or UPSM was dosed into tetracycline solutions at 5 levels
of initial concentration (100–300 mg/L). The experiments lasted for 100 min and the concentrations of
TC and DC were determined to obtain the kinetics.

2.5. Recycling Adsorption by Urea Immersion

Recycling adsorption by UPSM was achieved by using urea immersion after the saturated
adsorption of tetracycline. First, 40 mg/L of TC was adsorbed onto 60 mg of UPSM for 12 h. After that,
the UPSM were rapidly washed by ultrapure water 10 times to remove urea. Second, the USPM were
again immersed in 20 mL of urea solution at a concentration of 100 g/L for 12 h. Finally, the UPSM
were cleaned and exposed to 40 mg/L of TC solution for an additional cycle of adsorption. In total
there were 10 cycles of adsorption-immersion. The TC concentrations were analyzed for comparison
with the control experiments using UPSM.

USPM after 10 cycles were further examined for the desorption property under thermal, acidic,
and alkaline treatment. Thermal desorption was conducted at 35 ◦C by soaking the UPSM in 20 mL of
pure water in a water bath for 12 h. The acidic desorption was conducted by immersing the UPSM in
20 mL of 0.1 M HCl for 3 h. The alkaline desorption was achieved under similar conditions. Control
experiments were conducted in parallel. The experimental duration was 7 h. The thermal stability of
tetracycline was examined in a water bath at 95 ◦C for 1 h.

2.6. Data Interpretation

We evaluated the solid surface loading (qt) of tetracycline onto microsphere resin by the following
equation, as described in the literature [29]:

qt = (C0 − Ct)·V/M (1)

where qt is the surface loading of adsorbates on adsorbents (mg/g), M is the mass of adsorbent (g),
V is the volume of the solution (L), and C0 and Ct are bulk tetracycline concentrations initially and at
time t of the experiment, respectively (mg/L). In the case of isothermal experiments, subscript e was
used instead of t to represent the equilibrium state, as qe and Ce.

The isothermal models, including Langmuir, Freundlich, and Tempkin, are shown in Table 1.
The kinetic models including first-order, second-order, and Weber–Morris models are also shown in
the table. The parameters were estimated by using the linear Lineweaver–Burk equation (Excel 2010,
Microsoft Corp., Redmond, WA, USA), and the correlation coefficients were used to evaluate the
quality of data interpretation.

Table 1. Data interpretation models for adsorption isotherms and kinetics.

Model Name Equation Lineweaver–Burk Equation Coefficients

Langmuir qe = qm·Ce/(KL + Ce) Ce/qe = Ce/qm + KL/qm KL, qm
Freundlich qe = Kf·Ce

1/n lnqe = ln Kf + 1/n·lnCe Kf, n
Tempkin qe = RT/b·ln(a·Ce) qe = RT/b·lna + RT/b·lnCe a, RT/b

First-order dqt/dt = K1·(qe − qt) ln(qe − qt) = lnqe − K1·t K1
Second-order dqt/dt = K2·(qe − qt)2 1/ t = (K2·qe

2) (1/qt − 1/qe) K2
Weber–Morris qt = qe·Kw·t1/2 qt/qe = Kw·t1/2 Kw

Note: Ce (mg/L) is the concentration of TC or DC at equilibrium in the solution, qe (mg/g) is the amount of
TC and DC adsorbed per unit weight of the adsorbents. The constant qm (mg/g) is the maximal adsorption
capacity in the Langmuir equation, KL is related to the energy of adsorption (L/mg). Kf and n are constants of the
Freundlich equation, which relate to adsorption capacity and intensity, respectively. T is the temperature of the
solution (◦C), R is the molar gas constant equal to 8.314 J/(K·mol), a and b are parameters of the Tempkin model.
Parameters qe and qt (mg/g) are the amounts of TC adsorbed at equilibrium time and at time t (h) in the adsorption
process, respectively. K1 (/h), K2 (g/(mg h)), and Kw (/h1/2) are the rate constants for first-order, second-order,
and Weber–Morris kinetics, respectively.
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3. Results and Discussion

3.1. Solid Surface Characterization

3.1.1. Surface Characterization

Similar SEM images of PSM and UPSM (Supplementary Figure S2) suggest that urea immersion
did not physically modify the surface of the microspheres. The pore size distribution curves of UPSM
and PSM were also similar to each other (Supplementary Figure S4), but the pore structures were
slightly different (Supplementary Table S2). The average pore size of UPSM (20.4 nm) was 10% lower
than that of PSM (22.6 nm) and pore volume (0.34 cm3/g) was 13% higher than PSM’s. Consequently,
the BET surface area of UPSM (112.42 m2/g) was about 60% higher than that of PSM (71.69 m2/g),
according to Supplementary Figure S3.

3.1.2. FT-IR Analysis

The FT-IR spectra (Figure 1) suggest more amino and imino groups on UPSM than on PSM.
Although both PSM and UPSM showed vibration of imino bond (N–H) in the amino/imino
(–NH2/–NH) group in the range of 3300–3500 cm−1 [15], UPSM had a broader curve at about
3400 cm−1. Carbonyl groups in UPSM and PSM were slightly different, in the range of 2500–3400 cm−1.
The broader band of UPSM at 1640–1650 cm−1 refers to the more singular hydrogen bonds between
amino and carbonyl groups.
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Figure 1. FT-IR spectra of fresh polystyrene microspheres (PSM) and urea-immersed PSM (UPSM).

3.1.3. XPS Analysis

XPS analysis (Figure 2) was used to confirm the variation of surface functional groups. PSM
and UPSM had similar full XPS spectra (Figure 2a,c), as well as C 1s and N 1s deconvolution spectra
(Supplementary Figure S6) because of their similar chemical components. PSM and UPSM had slightly
different O 1s deconvolution spectra (Figure 2b,d). PSM showed subpeaks of C=O at 531.5 eV (O1),
O–C–O at 532.5 eV (O2), and C–O at 533.1 eV (O3), while UPSM showed two small peaks at 532.7 eV
(O2a) and 531.3 eV (O2a). The highest subpeak of PSM was 531.3 eV (O1) but that of UPSM shifted
to 533.1 eV (O3). This shift might be related to the hydrogen bonding formed on the surface, such as
H–N...H–C=O.
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3.2. Adsorption Isotherms and Kinetics

3.2.1. Isothermal Modeling

The parameters of isothermal models were close for TC and DC, as shown in Table 2. According
to the correlation coefficient (R2), the Langmuir and Freundlich models were not perfect to fit the data
but better than the Tempkin model. The data-fitting results by the Langmuir model are shown in
Figure 3 as an example. The maximum loading rate (qm) of TC on UPSM was 460 mg/g at pH 6.8 and
25 ◦C. This capacity was about 60% higher than that on PSM (290 mg/g). The adsorption capacity
of DC on UPSM (430 mg/g) was 30% higher than that on PSM (330 mg/g). The higher adsorption
capacity of UPSM than PSM was accordant to the larger BET surface area than PSM.

Table 2. Isothermal fitting for tetracycline hydrochloride (TC) and doxycycline (DC) on PSM and
UPSM at pH 6.8 and T = 298 K.

Adsorbent Adsorbate
Langmuir Freundlich Tempkin

qm KL R2 Kf n R2 a RT/b R2

PSM TC 290 180 0.960 15 2.4 0.996 0.06 59 0.952
DC 330 290 0.923 9.4 2.1 0.983 0.14 83 0.919

UPSM TC 460 120 0.966 25 2.3 0.955 0.06 57 0.871
DC 430 56 0.985 35 2.5 0.940 0.47 67 0.830
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Figure 3. Adsorption isotherms of tetracycline antibiotics on microspheres. (a) TC on UPSM and
PSM; (b) DC on UPSM and PSM. Observing data are fitted by the Langmuir model and the maximum
adsorption capacity (qm) is shown near the curves.

3.2.2. Kinetics Modeling

The model parameters of the three kinetic models for tetracycline on UPSM are shown in Table 3.
Similar to previous studies of microsphere adsorption [29,30], all three models were capable of
explaining the kinetic data satisfactorily. As an example, the data curving fitting results obtained by
the second-order kinetic model are shown in Figure 4. The performance of the global fitting was not
as good as expected according to the correlation coefficient, partly because the initial concentrations
showed small effects on the shape of the kinetic curves. The rate constants for each kinetic experiment
showed a correlation to the initial concentrations as shown in Supplementary Table S3.

Kinetics is useful to determine the optimal volume of reactors to ensure certain removal efficiency.
The duration of half reduction can be calculated as t1/2 = ln2/K1, where K1 is the rate constant of
first-order kinetics. According to Table 3, the rate constant K1 for TC and DC adsorption is 0.33 and
0.41 /h, respectively, indicating that 50% removal of initial concentration occurred in 1.7 and 2.1 h.
This duration covers the practical hydraulic retention time in filters.

Table 3. Global estimation of kinetics for tetracycline adsorption on UPSM.

Target

First Rate Constant
K1

R2 Second Rate Constant
K2qe

2 R2 Weber–Morris Constant
Kw

R2

/h mg/g/h /h1/2

TC 0.41 0.942 1.8 0.939 0.64 0.963
DC 0.33 0.929 2.1 0.933 0.63 0.962
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3.2.3. Adsorption Performance

Table 4 shows a comparison of adsorption capacities of UPSM in this study with other materials
in the literature. Polymer resins showed a promising capacity to remove TC, especially after surface
modification by graphene oxide, which reached 198 mg/g [31]. Using a fabricated nanosheet
can increase the capacity to 315 mg/g [32]. The silicon-based material enhanced the capacity to
303 mg/g [33]. Activated carbon achieved satisfactory performance in removing TC [34]. In this study,
the adsorption capacity of TC by UPSM (460 mg/g) was slightly higher than that of the above materials.

The magnetic particles on graphene oxide nanosheets showed impressively high adsorption
capacity for tetracycline at 714 mg/g [35]. By comparison with UPSM, the material of the graphene
oxide nanosheet is a little bit expensive and lacks commercialization. Additionally, structures of
such material are not easy to integrate with existing filters in practice. UPSM in this study are cheap.
Moreover, they are recyclable by heating to destroy the urea. What is most important is that UPSM can
be easily used in conventional filters due to their physical size and hardness.
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Table 4. Comparison of TC adsorption capacity in the literature.

New Adsorbent qm, mg/g Reference

Magnetic multiamine resins 117 [35]
Magnetic polystyrene resins 166 [29]

Magnetic polydopamine resins 152 [36]
Polystyrene microsphere/graphene oxide 198 [31]

Polymer resins/anion exchange group 355 [37]
Magnetic microsphere/graphene oxide nanosheet 714 [38]

Nanosheet-layered double hydroxide 98 [39]
TiO2 nanosheets 213 [40]

Magnetic polyacrylonitrile nanofiber mat 315 [32]
Amino-ferrous functionalized silica 188 [24]

La-impregnated silicates 303 [33]
Activated carbons from hazelnut shell 303 [34]
Urea functionalized polystyrene resins 460 This study

It is better to estimate adsorption performance in similar concentrations of adsorbates in the
actual matrix. Tetracycline in a surface water environment, e.g., rivers and lakes, is generally at trace
levels of several µg/L [1]. Its concentration in municipal wastewater might be as high as 150 µg/L [41].
The concentration levels in this study were selected to prove the concept and feasibility. Evaluating
UPSM for tetracycline removal at trace levels is beyond the scope of this paper. Nevertheless, in the
case of industrial wastewater treatment, when tetracycline concentration may exceed the mg/L level,
the results in this study can be used as a reference.

3.3. Recycling Adsorption and Desorption

3.3.1. Adsorption by Cycle Urea Immersion

The isotherms of TC on UPSM by single and cycle urea immersion are compared in Figure 5.
The Freundlich equation was used to interpret the data. The values of parameter n for both modes
(n = 0.93 and n = 1.26) were close to 1, indicating linear isotherm in low concentrations. In single
immersion mode, the bulk concentration was saturated at about 37 mg/L after 5 cycles, while it
took 10 cycles to saturate at about 35 mg/L in cycle immersion mode. This result suggests that
multilayer adsorption increased the capacity but such effect reduced gradually with the increasing
number of layers. At Ce = 20 mg/L, the adsorption capacity was twice that in single immersion mode.
The improvement was three times at Ce = 30 mg/L. The cycle urea immersion obviously increased the
adsorption capacity of UPSM by two to three times.
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3.3.2. Desorption Performance

A desorption curve of TC from loaded UPSM by thermal treatment is shown in Figure 6a. The TC
molecule was thermally stable at 35 ◦C according to the control curve. UPSM released 2 mg/L of TC
in 7 h in a linear trend. According to Figure 6b, 12.4 mg/L of TC was released by 0.01 M HCl, which is
higher than that by 0.01 M NaOH (6.7 mg/L). The mass of TC on UPSM was equal to 180 mg/L of
TC in bulk solution, thus desorption rates of TC by heating, NaOH, and HCl in 2 h were 0.4%, 3.7%,
and 6.9%, respectively.

The insufficient desorption by HCl indicated chemical association during the adsorption, such as
π–π electron donor–acceptor (EDA) interaction and hydrogen bonding. Hydrogen bonding can be
formed between the amino groups of tetracycline and the carbonyl groups of EDTA. The ketone group
in tetracycline molecules is a π-electron acceptor and the ester group (–COO–R) in EDTA is a strong
electron donor. Adsorption might be enhanced by different couples of π–π EDA interactions, e.g.,
the interaction between the conjugated π-electron moiety, the cation-π bonding between the amino
groups, and the π-electron rich structures on the solid surface.
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3.4. Adsorption Mechanisms

3.4.1. FT-IR Analysis after Adsorption

After adsorption, specific peaks of pure tetracycline (Supplementary Figure S7) in the range of
3000–3500 cm−1 appeared in the FT-IR spectra of loaded UPSM (Figure 7a). The peaks at 1354 and
1305 cm−1 disappeared and the peak at 1650 cm−1 was blue shifted to about 1600 cm−1, which might
be related to strong intermolecular hydrogen interactions between urea and tetracycline (Figure 7b).
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3.4.2. Role of Urea for Multilayer Adsorption

Figure 8 shows the concepts of the bridging mechanism by urea immersion. During urea
immersion, the ketone and amino groups of urea interact with the amino group and oxygen atoms of
EDTA on the surface of PSM (Figure 8a). During the adsorption process, ketone groups of both urea
and EDTA act as hydrogen acceptors to form hydrogen bonding (C–H . . . O) with carbonyl groups in
tetracycline molecules (Figure 8b). During cycle urea immersion, two or more TC molecules can be
linked due to their interaction with the urea molecules (Figure 8c). It is difficult for the tetracycline
molecules to interact with each other directly due to their structural shape. However, the small-sized
urea molecules acted as a lubricant to reduce such structural incompatibility, making the multilayer
adsorption possible and feasible.
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4. Conclusions

Urea immersion was used to modify microsphere resin to enhance its capacity of removing
tetracycline reagents from water. The surface characteristics by XPS and FT-IR analysis confirmed
successful urea immersion and tetracycline adsorption. The adsorption isotherms were explained
by the Langmuir, Freundlich, and Tempkin models. The adsorption capacity of UPSM for TC was
460 mg/g and for DC was 430 mg/g, which were increased by 30% and 60%, respectively, by urea
immersion. Adsorptive kinetic data were interpreted by first-order, second-order, and Weber–Morris
models. The rate constant for TC adsorption on UPSM was 0.41/h and for DC was 0.33/h, indicating
that the durations of 2.1 and 1.7 h were necessary for 50% removal of TC and DC, respectively.

Desorption experiments revealed pure dissociation of TC from UPSM. The releasing rates were
0.4%, 3.7%, and 6.9% in 2 h by heating, NaOH, and HCl, respectively. Possible chemical bonding such
as hydrogen bonding and π–π interaction may contribute to the adsorption enhancement. Using urea
molecules as bridges, multilayer adsorption of tetracycline was possible, which was confirmed by
repeated adsorption experiments on UPSM with cycle urea immersion. The adsorption capacity was
two to three times higher than the UPSM with single urea immersion. In summary, urea immersion is
satisfactory to modify the surface of microsphere resin to enhance the removal of tetracycline antibiotics
from water.

Supplementary Materials: The following are available online at http://www.mdpi.com/1660-4601/15/7/1524/
s1, Figure S1: Structural formula of Tetracycline HCl (TC), Doxycycline HCl (DC) and original PSM, Figure S2:
SEM image of original PSM and urea-immersed UPSM. (a-c) microsphere PSM in different scales, (d) urea modified
microsphere UPSM before adsorption, (e) UPSM after adsorption of tetracycline, (f) UPSM after adsorption of
tetracycline. Scale bar represents 500 µm in (a,d), 50 µm in (b,e) and 5µm in (c,f), Figure S3: The BET surface
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of original PSM and urea-immersed UPSM, Figure S4: The pore structures of original PSM and urea-immersed
UPSM, Figure S5: Optimization of the initial pH value for tetracycline adsorption by comparing their kinetic
curves. (a) Kinetic curves of TC on UPSM; (b) Kinetic curves of DC on UPSM; C0 is 60 mg/L, mass of UPSM is
60 mg, Figure S6: The XPS spectra analysis of fresh PSM and UPSM. (a) C 1s at PSM, (b) N 1s at PSM, (c) C 1s at
UPSM and (d) N 1s at UPSM, , Figure S7: FT-IR spectra of TC and DC, Table S1: The molecular information of
chemicals used in this study, Table S2: Porous structure information of the microspheres, Table S3: The kinetic
parameters of tetracycline adsorption at different initial concentrations.
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Abstract: Sewage sludge is an abundant source of microorganisms that are metabolically active
against numerous contaminants, and thus possibly useful in environmental biotechnologies.
However, amongst the sewage sludge isolates, pathogenic bacteria can potentially be found, and such
isolates should therefore be carefully tested before their application. A novel bacterial strain,
Ochrobactrum sp. POC9, was isolated from a sewage sludge sample collected from a wastewater
treatment plant. The strain exhibited lipolytic, proteolytic, cellulolytic, and amylolytic activities,
which supports its application in biodegradation of complex organic compounds. We demonstrated
that bioaugmentation with this strain substantially improved the overall biogas production and
methane content during anaerobic digestion of sewage sludge. The POC9 genome content analysis
provided a deeper insight into the biotechnological potential of this bacterium and revealed that
it is a metalotolerant and a biofilm-producing strain capable of utilizing various toxic compounds.
The strain is resistant to rifampicin, chloramphenicol and β-lactams. The corresponding antibiotic
resistance genes (including blaOCH and cmlA/floR) were identified in the POC9 genome. Nevertheless,
as only few genes in the POC9 genome might be linked to pathogenicity, and none of those genes
is a critical virulence factor found in severe pathogens, the strain appears safe for application in
environmental biotechnologies.

Keywords: antibiotic resistance; biosafety; biogas production; Ochrobactrum sp. POC9; methane;
sewage sludge utilization

1. Introduction

Natural and anthropogenically-shaped environments are frequently screened for the presence of
bacterial strains potentially useful in environmental biotechnologies [1–4]. Municipal wastewaters
and the products of their transformation (including sewage sludge)—as the environments rich in
various toxic compounds—are potentially a good source of microorganisms metabolically active
against numerous contaminants. Such microorganisms are well adapted to a variety of life-limiting
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factors, including toxic organic compounds and heavy metals [5–7], and thus are desired in
technologies dedicated to sewage sludge transformation and utilization. However, pathogenic and
antibiotic-resistant strains can also be found amongst bacteria isolated from wastewaters [8–10].
Therefore, for biosafety reasons, each isolate should be thoroughly analysed and, ideally, its genome
should be explored to track, e.g., antibiotic resistance and virulence genes.

Ochrobactrum spp. are aerobic, non-fermenting, Gram-negative bacteria thriving in various
environments, including soil, water, plants, and animals [11–15]. Members of the Ochrobactrum genus
have frequently been isolated from environments persisting under strong anthropogenic pressure
and some representatives were defined as animal and human pathogens. For example, O. anthropi
and O. intermedium were recognized as relatively benign opportunistic human pathogens, infecting
mostly immunocompromised patients [11,15–19]. However, cases of life-threatening infections, e.g.,
endocarditis caused by O. anthropi, were also reported [20]. Ochrobactrum spp. are metabolically
versatile and exhibit some unique features, e.g., O. intermedium MZV101 is able to produce lipase
and biosurfactants at pH 10 and temperature of 60 ◦C [21]. What is more, Ochrobactrum spp. seem
to be well adapted for living in contaminated environments, which are rich in xenobiotics, organic
pollutants and heavy metals. Ochrobactrum strains produce a variety of hydrolyzing enzymes that
enable them to utilize even hardly-degradable compounds, e.g., phenols, organophosphorus pesticides
and petroleum hydrocarbons [22–26]. Therefore, bacteria of this genus gained attention as promising
candidates for use in diverse fields of biotechnology. They have been frequently employed in
bioremediation technologies, e.g., in continuously stirred tank bioreactors to treat hydrocarbon-rich
industrial wastewaters, or in biopiles and land farming to remove petroleum pollutions [27–30].

In this study, a novel Ochrobactrum strain, Ochrobactrum sp. POC9, was isolated from sewage
sludge originated from the wastewater treatment plant (WWTP) “Czajka” in Warsaw, Poland.
The strain exhibited various enzymatic activities, and significantly enhanced biogas production by
improving sewage sludge utilization. The draft genomic sequence of Ochrobactrum sp. POC9 was
obtained and thoroughly analyzed, which—together with functional analyses—provided insight into
the biotechnological potential and the biosafety of the strain.

2. Materials and Methods

2.1. Isolation of Ochrobactrum sp. POC9, Culture Conditions and Screening of Enzymatic Activities

A raw sewage sludge sample collected from the wastewater treatment plant “Czajka” (Warsaw,
Poland) was serially diluted using 0.8% (w/v) saline solution. Then, 100 µL of each dilution was spread
on lysogeny broth (LB) solidified by the addition of 1.5% (w/v) agar [31]. The plates were incubated at
37 ◦C for 72 h. A random selection of 100 isolates differing in their colony morphology was subjected to
enzymatic activity examination. For testing of the proteolytic activity, Frazier agar (BTL, Lodz, Poland)
and nutrient agar medium [31] with skim milk (10% v/v) were used. For screening of the lipolytic
activity, tributyrin agar (Sigma-Aldrich, St. Louis, MO, USA) was used. For screening of the cellulolytic
and amylolytic activities, CMC-Red Congo agar [32] and nutrient agar medium [31] supplemented
with a specific soluble chromogenic substrate (Megazyme, Bray, Ireland), respectively, were used.
In each case, the material from a single colony was transferred onto the specific medium and the plates
were incubated at 37 ◦C for 72 h, during which the visual observation was performed. Formation of
clearing zones around the bacterial colonies indicated the hydrolysis of a particular substrate. Each
experiment was carried out in triplicate. Based on the results of the performed analyses, the fastest
growing strain (Ochrobactrium sp. POC9) exhibiting proteolytic, lipolytic, cellulolytic and amylolytic
activities was selected for further studies.

2.2. Amplification and Sequencing of the 16S rRNA Gene

Genomic DNA was extracted from the bacterial cells using Genomic Mini purification kit (A&A
Biotechnology, Gdynia, Poland). The 16S rRNA gene fragment was amplified by PCR with universal
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primers 27f and 1492r [33]. The amplified 16S rDNA fragment was used as a template for DNA sequencing
with ABI3730xl DNA Analyzer (Applied Biosystems, Thermo Fisher Scientific, Foster City, CA, USA).

2.3. Draft Genome Sequencing

Genomic DNA of the POC9 strain was isolated using the CTAB/Lysozyme method [31]. An Illumina
TruSeq library was constructed following the manufacturer’s instructions. The genomic libraries were
sequenced on Illumina MiSeq instrument (using the v3 chemistry kit) (Illumina, San Diego, CA, USA) in
the DNA Sequencing and Oligonucleotide Synthesis Laboratory (oligo.pl) at the Institute of Biochemistry
and Biophysics, Polish Academy of Sciences, Warsaw. The reads trimmed with CutAdapt v 1.9.1 [34]
were further assembled using Newbler De Novo Assembler v3.0 (Roche, Basel, Switzerland).

2.4. Bioinformatic Analyses

The POC9 genome was automatically annotated using RAST [35] on PATRIC 3.5.11 [36] web service.
Similarity searches were performed using BLAST programs [37] and Pfam database [38]. Metabolic
features were identified applying KEGG database [39]. The COG numbers were assigned to each gene
by local RPS-BLAST search against the COG database (last modified 22 January 2015) with 1e-5 e-value
threshold by considering only the best BLAST hits [40]. Putative rRNA and tRNA sequences were
identified using the Rfam [41], tRNAScan-SE [42] and ARAGORN programs [43]. To identify genetic
determinants responsible for the heavy metal resistance phenotype, the genome was screened using the
BacMet: antibacterial biocide and metal resistance genes database [44]. To identify antibiotic resistance
genes, the Resistance Gene Identifier (RGI; Comprehensive Antibiotic Resistance Database) software was
used [45]. Potential virulence factors were identified using VFDB–Virulence Factors Database [46].

2.5. Analytical Methods

Dry organic matter (VS) analysis was performed according to standard methods described by the
American Public Health Association (APHA, 1998) [47]. The volatile fatty acids (VFAs) concentration
and soluble chemical oxygen demand (sCOD) were determined using Nanocolor® kits (Machery-Nagel
GmbH, Düren, Germany). The volume of the produced biogas was monitored using Milligascounter
MGC-1 (Ritter, Bochum, Germany). Methane content was analyzed with a gas analyzer GA5000
(Geotech, Leamington Spa, UK).

2.6. Simulation of the Anaerobic Digestion Process

The effect of bioaugmentation of sewage sludge anaerobic digestion with Ochrobactrum sp. POC9
was investigated in laboratory-scale anaerobic batch experiments, which were performed in 1-L glass
bottles GL 45 (SCHOTT Poland, Warsaw, Poland) connected with Dreschel-type scrubbers. To each
reactor, a 1-L Tedlar gas bag (Sigma-Aldrich, St. Louis, MO, USA) was attached to collect biogas.
Each bioreactor was filled with (i) the liquid phase from a separated fermentation chamber from the
wastewater treatment plant “Krym” (Wolomin, Poland) [11 g dry organic matter per l (11 gvs·L−1)],
containing a methanogenic consortium inoculum and (ii) sewage sludge from the same WWTP [11 g
dry organic matter per l (11 gvs L−1)]. Then, bioreactors were supplemented with 4 mL of the
bacterial (Ochrobactrum sp. POC9) suspension (approx. 107 cells·mL−1). The negative controls for
the experiment were cultures containing only methanogenic consortium and sewage sludge from the
WWTP “Krym” without the addition of Ochrobactrum sp. POC9. At the beginning of the experiment,
the total dry organic matter content in all bioreactors was 22 gvs·L−1, soluble chemical oxygen demand
(sCOD) was 1.97 g L−1 and VFAs concentration was 5.03 g·L−1. Anaerobic batch assays were run at
37 ◦C for 30 days without refeeding. Analyses were carried out at the beginning of the experiment and
after 3, 7, 14, 21, and 30 days. The experiment was performed in triplicate.
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2.7. Antibiotic Susceptibility Testing

To determine the antimicrobial susceptibility patterns of Ochrobactrum sp. POC9, MICs of 10
antimicrobial agents were assessed using Etest™ (Liofilchem, Roseto degli Abruzzi, Italy). The analysis
was conducted according to European Committee on Antimicrobial Susceptibility Testing (EUCAST)
recommendations [48]. The following antibiotics (selected based on bioinformatic analyses that identified
putative antibiotic resistance genes) were used: aminoglycosides–gentamicin (CN; concentration of
antibiotic: 0.064–1024 µg mL−1), β-lactams (penicillin derivatives)–ampicillin (AMP; 0.016–256 µg·mL−1),
β-lactams (cephalosporins)–cefixime (CFM; 0.016–256 µg·mL−1), β-lactams (cephalosporins)–cefotaxime
(CTX; 0.016–256 µg·mL−1), β-lactams (cephalosporins)–ceftriaxone (CRO; 0.016–256 µg mL−1),
fluroquinolones– ciprofloxacin (CIP; 0.002–32 µg·mL−1), fluroquinolones–moxifloxacin (MXF;
0.002–32 µg·mL−1), phenicols–chloramphenicol (C; 0.016–256 µg·mL−1), ryfamicins–rifampicin (RD;
0.016–256 µg·mL−1), tetracyclines–tetracycline (TE; 0.016–256 µg·mL−1). The susceptibility testing
was performed at 37 ◦C for 20 h. After incubation, plates were photographed and MICs were
defined. Antimicrobial susceptibility data were interpreted according to the EUCAST breakpoint
table (version 8.0) [48].

2.8. Heavy Metal Resistance Testing

Analytical grade salts (NaAsO2, Na2HAsO4 × 7H2O, 3CdSO4 × 8H2O, CoSO4 × 7H2O, K2CrO4,
CuSO4, NiSO4 × 7H2O, ZnSO4 × 7 H2O) (Sigma-Aldrich) were used in a resistance assay performed
in 96-well plates, as described previously [49]. Triplicate cultures of the tested strain were challenged
with a range of concentrations of those heavy metal salts. If the strain grew in the presence of the
following heavy metal ion concentrations, it was considered resistant: (i) 10 mM As (V), (ii) 1 mM
Cd2+, Co2+, CrO42−, Cu2+, Ni2+, Zn2+, (iii) 2.5 mM As (III) [50–53].

2.9. Adherence of Bacteria to Artificial Surface (Biofilm Formation) Testing

The modified crystal violet staining method was used [54]. Bacteria were cultivated overnight
in LB medium at 37 ◦C and then diluted to obtain OD (optical density) = 0.1 at 600 nm (OD600;
CFU ≈ 1.3 × 108) in the same medium. In the next step, 200 µL of three biological replicates were
transferred into 24 sterile 96-well plates. Bacteria were incubated at 37 ◦C for 24 h, 48 h, and
72 h. The OD600 of cultures was then measured using SunriseTM plate reader (Tecan, Männedorf,
Switzerland) with Magellan software (Tecan). In the next step, the medium with pelagic cells (i.e., cells
that did not adhere to artificial surface, and thus were not a part of a formed biofilm or alternatively
were released from a formed biofilm) from each well was removed, and the wells were rinsed with
saline solution and dried at 37 ◦C for about 15 min. The adhered (biofilm-forming) bacteria were stained
with crystal violet (200 µL/well) for 10 min at room temperature. Then, an excess dye was removed,
wells were rinsed with saline solution, and dried again at 37 ◦C. Dried and stained biofilm was then
dissolved with 98% ethanol (200 µL/well). The OD570 measurement of the obtained suspension was
carried out using a SunriseTM instrument equipped with Magellan software. The significance of
statistical results was determined by the Student t-test [55].

2.10. Nucleotide Sequence Accession Number

The whole-genome shotgun project of Ochrobactrum sp. POC9 has been deposited in
the NCBI GenBank (https://www.ncbi.nlm.nih.gov/genbank) database under the accession
number SAMN09237519.
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3. Results and Discussion

3.1. Isolation and Identification of Ochrobactrum sp. POC9

Ochrobactrum sp. POC9 was isolated from raw sewage sludge collected from the “Czajka”
wastewater treatment plant (Warsaw, Poland) in 2014. An initial screening for culturable bacteria
was aimed at isolating strains capable of utilizing a broad spectrum of organic compounds.
In such preliminary tests, the POC9 strain exhibited unequivocal lipolytic, proteolytic, cellulolytic,
and amylolytic activities. For identification of this bacterium, its 16S rRNA gene was amplified and
sequenced. The obtained sequence was compared with the 16S rDNA sequences gathered in the NCBI
database, and the POC9 strain was classified into the Ochrobactrum genus.

A phylogenetic analysis based on 16S rDNA sequences of the POC9 strain and 20 other reference
Ochrobactrum species was then performed. Analysis of the phylogenetic tree topology revealed the
presence of two separate clusters. The first one gathered 12 species with the O. endophyticum EGI
60010 as an outlier. The second cluster grouped nine representatives of Ochrobactrum spp. with
Ochrobactrum sp. POC9 as an outlier. Based on 16S rDNA sequence analysis results we may speculate
that Ochrobactrum sp. POC9 is most closely related to O. intermedium and O. ciceri (Figure 1).
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by applying the Maximum Likelihood method based on the Tamura-Nei model. Statistical support
for the internal nodes was determined by 1000 bootstrap replicates and values of ≥50% are shown.
Initial tree(s) for the heuristic search were obtained automatically by applying Neighbor-Join and BioNJ
algorithms to a matrix of pairwise distances estimated using the Maximum Composite Likelihood
(MCL) approach. A discrete Gamma distribution was used to model evolutionary rate differences
among sites (5 categories (+G, parameter = 0.6173)). The tree is drawn to scale, with branch lengths
measured in the number of substitutions per site. The analysis involved 22 nucleotide sequences with
16S rDNA sequence of Brucella abortus 544 used as an outlier. All positions containing gaps and missing
data were eliminated. There were a total of 1353 positions in the final dataset. GenBank accession
numbers of the 16S rDNA sequences used for the phylogenetic analysis are given in parentheses.
The 16S rDNA of the POC9 strain, analyzed in this study, is in bold text.
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3.2. Bioaugmentation of Sewage Sludge Anaerobic Digestion

Bioaugmenation is a method that relies on adding specific microorganisms or microbial consortia
to biological systems to enhance a desired activity [56]. This technology can be also applied in anaerobic
digestions, e.g., to increase biogas (methane) production. Examples of various bioaugmentation
procedures applied in anaerobic digestion of wastes are presented in Table 1.

Table 1. Examples of various bioaugmentation procedures applied in anaerobic digestion of wastes.

Strain/
Microbial Consortium Scale Substrate for Anaerobic

Digestion Effect Reference

Caldicellulosiruptor
saccharolyticus,

Enterobacter cloacae
Laboratory

Waste water sludge, pig
manure slurry and dried

plant biomass from
Jerusalem artichoke

Increased biogas
production of up to

160–170%
[57]

Caldicellulosiruptor
lactoaceticus 6A,

Dictyoglomus sp. B4a

Laboratory
(batch experiments and

CSTR bioreactor)
Cattle manure Increased methane

yield of up to 93% [58]

Hemicellulolytic
consortium immobilized

on activated zeolite

Laboratory
(batch experiments and

CSTR bioreactor)
Xylan from birch wood Increased methane

yield of up to 5% [59]

Clostridium thermocellum,
Melioribacter roseus

Laboratory scale
(batch experiments and

CSTR bioreactor)
Wheat straw Increased methane

yield of up to 34% [60]

Ruminococcus flavefaciens
007C, Pseudobutyrivibrio

xylanivorans Mz5T,
Fibrobacter succinogenes

S85 and Clostridium
cellulovorans

Laboratory Brewery spent grain
Increased biogas

production of up to
5–18%

[61]

Methanoculleus bourgensis
MS2 Laboratory

Ammonia-rich substrates
(mixed pig and chicken
manure, slaughterhouse

residues, and food
industry waste)

Increased methane
yield of up to 34% [62]

Microbial consortium
with high cellulolytic

activity (MCHCA)

Laboratory
(two-stage anaerobic

digestion)

Maize silage
(lignocellulose biomass)

Increased biogas
production of up to

38%, increased
methane yield of

up to 64%

[63]

Lipids, proteins and polysaccharides in sewage sludge are a potent source of energy and substrates
for biogas production [64]. However, such use of sewage sludge is limited due to its heterogeneity,
complex structure, and the presence of toxic compounds, e.g., heavy metals [65]. The initial breakdown
of sewage sludge components can be substantially improved by the addition of bacteria capable of
hydrolyzing complex compounds [66].

The POC9 strain exhibited diverse enzymatic (lipolytic, proteolytic, cellulolytic and amylolytic)
activities under laboratory conditions. To determine whether the strain is able to break down complex
residues present in sewage sludge, and thus whether it could be used for bioaugmentation of
anaerobic digestion of sewage sludge, batch experiments were performed. The bioaugmentation
with Ochrobactrum sp. POC9 was carried out once, at the beginning of the experiment. During a 30-day
simulation of anaerobic digestion of sewage sludge, the daily biogas production yield and methane
content in biogas were measured.

The cumulative biogas production in cultures supplemented with the POC9 strain increased by
22.06% compared to the control (non-bioaugmented) cultures. The cumulative biogas production
for anaerobic digestion of sewage sludge with the addition of Ochrobactrum sp. POC9 was
294.58 ± 44.98 dm3/kg of VS, while in the control experiment it was 229.58 ± 13.92 dm3/kg (Table 2).
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Interestingly, the analysis of the daily biogas production revealed that the increased biogas production
occurred mostly during the first eight days of culturing (Figure S1).

Table 2. Cumulative biogas production and methane content in biogas of control and POC9-
supplemented variants of the experiment simulating anaerobic digestion of sewage sludge.

Parameter
(unit)

Control Culture with the POC9 Strain

3 days 7 days 30 days 3 days 7 days 30 days

Cumulative biogas production (L/kgvs) 229.58 ± 13.92 294.58 ± 44.98
CH4 content (%) 43.41 61.34 49.18 46.00 66.48 58.87

The methane content during anaerobic digestion of sewage sludge after bioaugmentation with
Ochrobactrum sp. POC9 increased from 46.00% in the third day of culturing to 58.87% after 30 days of
culturing, and was highest on the seventh day—66.48% (Table 2). At the same time, methane content
in biogas in the control variant increased from 43.41% to 49.18%, and was highest also on the seventh
day, when it reached 61.34% (Table 2).

The results showed that the bioaugmentation with the POC9 strain improved the overall biogas
production and methane content during anaerobic utilization of sewage sludge. This might be a
consequence of improved hydrolysis occurring at the first stage of an anaerobic decomposition process.
During this step, the combined lipolytic, proteolytic, cellulolytic and amylolytic activities of the
POC9 strain probably enabled specific “pretreatment” of the raw sewage sludge, leading to increased
production of easily utilizable, simple compounds (e.g., simple sugars, fatty acids, amino acids, etc.)
that may be readily used by indigenous microorganisms (i.e., acetogenic bacteria and metahnogenic
arachaea) for biogas production.

3.3. Genome-Based Insight into the Metabolic Potential of the POC9 Strain

Sequencing of the Ochrobactrum sp. POC9 genome on the Illumina MiSeq platform generated
1,275,451 paired-reads and 76,6385,632 nucleotides. As the result of the assembly, 298 contigs of
a total length of 4,976,112 bp were obtained. The genome sequence was automatically annotated
using RAST on PATRIC 3.5.11 web service and its general features are presented in Table 3. Based
on the results of the manual inspection of the genome assembly and annotation, three potential
plasmid contigs: contig00029 (35,460 bp; QGST01000029.1), contig00037 (31,160 bp; QGST01000037.1),
and contig00057 (5064 bp; QGST01000057.1) were identified. In these contigs, complete repABC-type
replication-partitioning modules, typical of large replicons of Alphaproteobacteria, were found [67].

Table 3. General features of the Ochrobactrum sp. POC9 draft genome.

Genomic feature Calculation

Number of contigs 298
Estimated genome size (bp) 4,976,112

GC content (%) 55.68%
Coding density (%) 89.07%
Number of genes 5217

Number of tRNA genes 66
Number of 16S-23S-5S rRNA clusters 3

Genes identified within the POC9 genome were blasted against the COG database [40]. COG
numbers were assigned to 3894 genes, considering only the best RPSBLAST hit with the e-value
threshold of 1e-5. The genes were classified into appropriate COG categories (Figure 2).

This analysis revealed that 2005 (51.5%) genes with assigned COG numbers were associated with
the cellular metabolism, and the most numerous fractions of the classified genes were: E (grouping
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proteins associated with amino acid transport and metabolism)—13.2%, G (carbohydrate transport
and metabolism)—9.6%, and P (inorganic ion transport and metabolism)—7.7%. These observations
suggested that the POC9 strain possesses complex metabolic networks and is able to utilize or transform
a broad spectrum of organic and inorganic compounds.
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To gain a deeper insight into the POC9 metabolic potential, its draft genome was subjected to an
analysis with KEGG Automatic Annotation System (KAAS), which allowed for reconstruction of its
metabolic pathways. Apart from the basic metabolic pathways, such as glycolysis and the Krebs cycle,
the KEGG-mapping revealed the presence of genes encoding both the enzymes enabling utilization
of complex and toxic compounds and other features important in biotechnological applications,
and especially advantageous in sewage sludge utilization. Ochrobactrum sp. POC9 possesses complete
gene repertoires for the following pathways: (i) phenol degradation through benzoate utilization [23],
(ii) propanoate utilization [68], (iii) denitrification [69], and (iv) assimilatory sulfate reduction [70]
(Figure S2). Given the potential application of Ochrobactrum sp. POC9 for enhanced biogas production,
it is also important to emphasize its possible contribution to CO2 availability for methanogenesis.
The POC9 strain can potentially produce CO2 in the citric acid cycle and also through decarboxylation
of formate, formaldehyde, and N-formyl derivatives [71,72] (Figure S2).

3.4. Heavy Metal Metabolism

We demonstrated that Ochrobactrum sp. POC9 enhances sewage sludge utilization. However,
sewage sludge usually contains various toxic contaminants, including heavy metals and metalloids (e.g.,
As, Cd, Co, Cr, Cu, Fe, Hg, Ni, Pb and Zn) [73–75]. The presence of such toxic compounds may decrease
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the overall efficiency of the utilization treatment due to their bactericidal effect on the exogenous
microorganisms used in the treatment. Hence, bacterial strains used in bioaugmentation during sewage
sludge utilization should tolerate heavy metals at the highest possible concentrations [76].

Therefore, in the next step, the POC9 genome was screened for the presence of genes putatively
involved in heavy metal ions transformation and resistance. We found 10 such genetic modules,
encoding: (i–vi) six heavy metal translocating P-type ATPases ZntA (COG2217), which may potentially
confer resistance to various divalent ions, i.e., Cd(II), Co(II), Cu(II), Ni(II), Pb(II), and Zn(II) [77–79];
(vii) chromate transport protein ChrA (COG2059), which actively transports chromate ions across
cell membrane [80]; (viii–ix) two divalent metal ion transporters of the cation diffusion facilitator
(CDF) family, i.e., FieF (COG0053), which usually function as Fe(II) efflux system but may also confer
resistance to Cd(II), Co(II), Ni(II), and Zn(II), as well as CzcD (COG1230), which protects the cell from
Cd(II), Co(II), and Zn(II) [81,82]; and (x) arsenic resistance module (ARS), which may be involved in
resistance to arsenate and arsenite (Table 4). The ARS module encodes (i) arsenite efflux pump ArsB
(COG0798) transporting As(III) ions out of the cell, (ii) arsenate reductase ArsC (COG1393), which
reduces As(V) to As(III), and (iii) ArsH, the function of which is not completely understood, but it was
hypothesized that the protein may play a regulatory role [83].

Table 4. Heavy metal resistance genes identified within the Ochrobactrum sp. POC9 draft genome.

Protein
Name

Localization within the POC9 Draft
Genome Sequence (GenBank acc. no.)

Predicted Protein
Function

Homologous Protein Based on Best
BLASTP Hit (GenBank acc. no.)

arsB contig00008 (QGST01000008.1)
coordinates: 148,637-147,576 Export of As(III) ions arsenic transporter of O. anthropi

FRAF13 (KXO76567)

arsC contig00008 (QGST01000008.1)
coordinates: 147,579-147,169

Reduction of As(V)
to As(III)

arsenate reductase of O. intermedium
LMG 3301 (EEQ95705)

arsH contig00008 (QGST01000008.1)
coordinates: 147,172-146,459

Unknown function,
probably regulatory

protein

arsenical resistance protein ArsH of
Ochrobactrum sp. 30A/1000/2015

(PJT26941)

chrA contig00005 (QGST01000005.1)
coordinates: 67,497-66,199 Export of Cr(VI) chromate transporter of Ochrobactrum

sp. EGD-AQ16 (ERI13917)

czcD contig00031 (QGST01000031.1)
coordinates: 6786-7745

Export of Cd(II),
Co(II), and Zn(II)

cation transporter of Ochrobactrum sp.
MYb71 (PQZ25943)

fieF contig00005 (QGST01000005.1)
coordinates: 103,790-102,813

Export of Cd(II),
Co(II), Fe(II), Ni(II),

and Zn(II)

cadmium transporter of O. anthropi
FRAF13 (KXO76051)

zntA contig00025 (QGST01000025.1)
coordinates: 28,104-26,260

Export of Cd(II),
Co(II), Cu(II), Ni(II),

Pb(II), and Zn(II)

haloacid dehalogenase of O. anthropi
FRAF13 (KXO73917)

zntA contig00032 (QGST01000032.1)
coordinates: 21,766-24,129

Export of Cd(II),
Co(II), Cu(II), Ni(II),

Pb(II), and Zn(II)

lead, cadmium, zinc and mercury
transporting ATPase;

copper-translocating P-type ATPase of
O. haematophilum FI11154 (SPL62610)

zntA contig00034 (QGST01000034.1)
coordinates: 5822-7666

Export of Cd(II),
Co(II), Cu(II), Ni(II),

Pb(II), and Zn(II)

cadmium-translocating P-type
ATPase of O. rhizosphaerae PR17

(OYR19288)

zntA contig00065 (QGST01000065.1)
coordinates: 984-2825

Export of Cd(II),
Co(II), Cu(II), Ni(II),

Pb(II), and Zn(II)

heavy metal translocating P-type
ATPase of O. anthropi ATCC 49188

(ABS17306)

zntA contig00001 (QGST01000001.1)
coordinates: 97,090-99,573

Export of Cd(II),
Co(II), Cu(II), Ni(II),

Pb(II), and Zn(II)

ATPase of O. anthropi FRAF13
(KXO79927)

zntA contig00004 (QGST01000004.1)
coordinates: 22,193-19,692

Export of Cd(II),
Co(II), Cu(II), Ni(II),

Pb(II), and Zn(II)

copper-translocating P-type ATPase
of O. lupini LUP21 (OYR29555)
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We tested whether the predicted genes and gene clusters identified in the POC9 genome are able
to confer resistance to heavy metals. The effect of As(III), As(V), Cd(II), Co(II), Cr(VI), Cu(II), Ni(II),
and Zn(II) ions on Ochrobactrum sp. POC9 growth was examined. These metals were selected based on
the predicted metal specificity of the putative resistance genes identified within the POC9 genome
(Table 4). The MIC values were determined to establish the levels of metal resistance of the strain.
The obtained results are as follows: As(III)—MIC value of 3 mM, As(V)—1200 mM, Cd(II)—1 mM,
Co(II)—1 mM, Cr(VI)—3 mM, Cu(II)—5 mM, Ni(II)—2 mM, and Zn(II)—3 mM.

Ochrobactrum sp. POC9 exhibited an extremely high-level of As(V) resistance and a moderate
level of As(III) resistance. The observed resistance to arsenic compounds is probably mediated by the
presence of the ARS module enabling reduction of arsenate to arsenite and its further extrusion from the
cell. The POC9 strain showed also a moderate level of resistance to Cr(VI), Cu(II), Ni(II), and Zn(II) ions,
which may be linked to the presence of the above mentioned transporters of broad-range specificities,
i.e., ChrA, CzcD, FieF, and ZntA.

The results indicated that the POC9 strain shows at least moderate resistance to six heavy metal
ions that are frequently present in sewage sludge. This makes it a robust candidate for application in
biotreatment of metal-contaminated waste, as the strain is well equipped to withstand the toxic effect
of heavy metals in these environments.

3.5. Antibiotic Resistance Genes and Virulence Factors

Wastewater treatment plants are considered a point source of emerging pollutants, including
antibiotics, antibiotic resistant and/or pathogenic bacteria as well as antibiotic resistance and virulence
genes [84]. Therefore, with an aim to apply Ochrobactrum sp. POC9—a wastewater isolate–in
biotechnology, and taking into account biosafety considerations, genome of this strain was analyzed
for the presence of antibiotic resistance and virulence genes.

To determine the antimicrobial resistance profile of Ochrobactrum sp. POC9, bioinformatic analyses
and MIC characterization using Etests were performed. It total, five antibiotic resistance genes (blaOCH,
qacH, cmlA/floR, acc (6’), and tetG) and two clusters of genes encoding a multidrug efflux system (acrAB-TolC)
potentially conferring resistance to various types of β-lactams, aminoglycosides, fluoroquinolones,
tetracyclines, phenicols and ryfamicins were identified within the POC9 genome (Table 5).

Results of the analysis with Etests indicated that Ochrobactrum sp. POC9 is resistant to
various β-lactams (including ampicillin, cefexime, cefotaxime, and ceftriaxone), rifampicin and
chloramphenicol (Table 5). Broad spectrum resistance to various classes of β-lactams was previously
observed in other (also non-pathogenic) Ochrobactrum strains [85]. Resistance phenotype in those
strains was linked to the presence of a class C β-lactamase gene (blaOCH) and to an upstream gene
encoding a LysR family regulator [85]. Within the POC9 genome, the blaOCH gene and an upstream
regulatory gcvA gene were also found. Interestingly, protein products of these genes in POC9 exhibited
98% sequence identity with class C beta-lactamase of Ochrobactrum tritci (GenBank acc. no. SME85995)
and transcriptional regulator GcvA of Ochrobactrum anthropi (GeneBank acc. no. WP_061347328).
It seems that the presence of highly conserved blaOCH gene is common in Ochrobactrum genomes.
Furthermore, the POC9 strain was also resistant to chloramphenicol, which well reflects the presence
of the cmlA/floR gene in its genome [86].

The Etest results revealed that the POC9 strain was susceptible to ciprofloxacin, moxifloxacin,
gentamicin and tetracycline, which suggests that qacH, acc (6’) and tetG were inactive under the tested
laboratory conditions (Table 5). Further analyses with a broader range of antibiotics belonging to
fluoroquinolones, aminoglycosides and tetracyclines should be carried out to test whether these genes
are specific to other antibiotics of these groups.

The results of the susceptibility testing did not enable us to unequivocally determine whether
the above mentioned acrAB-TolC modules encoding resistance-nodulation-cell division (RND) type
multidrug efflux systems are active or not, as their predicted activities partially overlap with the
specificities of proteins encoded by blaOCH and cmlA/floR genes [85–87] (Table 5).
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Table 5. Antibiotic resistance genes identified within the Ochrobactrum sp. POC9 draft genome and the
resistance profile of the strain.

Gene/Gene
Cluster
Name

Localization within
the POC9 Draft

Genome Sequence
(GenBank acc. no.)

Protein

Best BLAST Hits:
[% Identity]
Organism

(GeneBank acc. no.)

Predicted
Antimicrobial

Resistance Profile

Tested
Antibiotics Profile

gcvA-
blaOCH

contig00009
(QGST01000009.1)

coordinates:
164,062–165,431

class C
beta-lactamase

[98%] Ochrobactrum
tritici C8846-N36

(SME85995)

penams, penems,
cephalosporins,
cephamycins,
monobactams

AMP
CFM
CTX
CRO

R
R
R
Rtranscriptional

regulator GcvA

[98%] Ochrobactrum
anthropi

(WP_061347328)

acrAB-
TolC

contig00001
(QGST01000001.1)

coordinates:
191,438-196,605

transcriptional
regulator TetR

[93%] Ochrobactrum
oryzae

(WP_104756164)
tetracyclines,

cephalosporins
penams,

phenicols,
ryfamycins,

fluoroquinolones

AMP
CIP

CFM
CTX
CRO
TE

MXF
RIF

R
S
R
R
R
S
S
R

efflux RND
transporter
periplasmic

adaptor subunit

[98%] Ochrobactrum
anthropi

(WP_061344971)

efflux RND
transporter

permease subunit

[99%] Ochrobactrum
anthropi

(WP_061344972)

acrAB-
TolC

contig00010
(QGST01000010.1)

coordinates:
49,666–54,163

efflux RND
transporter
periplasmic
adaptor unit

[98%] Ochrobactrum
sp. (WP_024900215)

efflux RND
transporter

permease subunit

[99%] Ochrobactrum
oryzae

(WP_104755654)

qacH

contig00007
(QGST01000007.1)

coordinates:
192,104–191,772

efflux SMR
transporter

[100%] Ochrobactrum
sp. (WP_010661279) fluoroquinolones CIP

MXF
S
S

cmlA/floR

contig00016
(QGST01000016.1)

coordinates:
56,907–55,714

CmlA/floR
chloramphenicol

efflux MFS
transporter

[94%] Ochrobactrum
anthropi

(WP_061345584)
chloramphenicol C R

acc (6’)

contig00016
(QGST01000016.1)

coordinates:
92,931–92,485

aminoglycoside
6’-acetyl-transferase

[93%] Ochrobactrum
anthropi

FRAF13(KXO77791)
aminoglycosides CN S

tetG-
tetR

contig00014
(QGST01000014.1)

coordinates:
7148–9063

Tet(A/B/C)
family MFS
transporter

[87%] Ochrobactrum
oryzae

(WP_104755825)
tetracyclines TE S

transcriptional
regulator tetR

[89%] Ochrobactrum
oryzae

(WP_104755986)

Abbreviations: AMP—ampicillin; C—chloramphenicol; CN—gentamicin; CFM—cefixime; CTX—cefotaxime,
CRO—ceftriaxone; CIP—ciprofloxacin; TE—tetracycline; MXF—moxifloxacin; RIF—rifampicin;
R—resistant; S—susceptible.

The POC9 genome was also screened for the presence of putative virulence genes. Only a few
genetic modules that may potentially be linked to pathogenicity were found. These were: (i–iii) Sec-SRP
(the general secretion route), Tat (Twin-arginine translocation pathway), Vir-like type IV secretion
systems (T4SS) [88], and (iv–v) genes responsible for the synthesis of flagella and sigma-fimbriae
subsystem (sF-Chap, sF-UshP, sF-Adh), which may be responsible for biofilm formation and adherence
of cells to various surfaces [89]. Within the genome of Ochrobactrum sp. POC9, we also identified
several genes encoding proteins responsible for the synthesis of lipopolysaccharides (LpxA, LpxB,
LpxC, LpxD, LpxH, LpxK, LpxL and KdtA) as well as ABC-type systems (rfb and lpt) responsible for
the transport of lipopolysaccharides [90–92]. Whereas these genes may be somehow linked to the
POC9 strain pathogenicity, they are common among Alphaproteobacteria, including non-pathogenic
strains [93].
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The presence of genes involved in the synthesis of lipopolysaccharides constituting biofilm
matrix as well as several genes that may indirectly influence biofilm formation (e.g., sigma-fimbriae
subsystem) inspired us to analyze biofilm formation ability in the POC9 strain. Whereas bacterial
biofilms are usually linked to the virulence of clinical strains, they also play a major ecological role
in maintaining complex multispecies ecosystems in diverse environments [94]. Moreover, biofilms
are also beneficial in bioremediation, e.g., they are crucial for the proper functioning of the attached
growth systems in WWTPs [95]. The crystal violet staining method was applied to determine the
adherence potential of Ochrobactrum sp. POC9. The results showed that the POC9 strain is able to
adhere to surface after 24 h of incubation without shaking and then maintains the biofilm up to 48 h of
incubation. Interestingly, after 72 h, the biofilm began to disperse, resulting in a significant (p < 0.005)
reduction of the adhered biomass (Figure S3). This observation suggested that the POC9 strain is able
to form biofilm or to at least initiate its formation by adhesion to artificial surfaces. However, stable
maintenance of the biofilm may require specific (and not yet recognized) environmental conditions or
cooperation with other microorganisms.

4. Conclusions

In this study, a novel bacterial strain, Ochrobactrum sp. POC9, was isolated from sewage sludge.
The strain exhibited diverse enzymatic (lipolytic, proteolytic, cellulolytic and amylolytic) activities,
which suggested that it might be beneficial in the biodegradation of complex organic compounds.
Therefore, the strain was tested for its ability to enhance the process of sewage sludge utilization,
and was found to substantially improve the overall biogas yield and methane content during anaerobic
digestion of sewage sludge. This may be a consequence of enhanced hydrolysis occurring at the first
stage of the process. The obtained results suggest that Ochrobactrum sp. POC9 carries out specific
“pretreatment” of the raw sewage sludge, which leads to increased production of easily utilizable
simple organic compounds for other microorganisms (i.e., acetogenic bacteria and methanogenic
arachaea) involved in the biogas production.

The analysis of the POC9 genome content offered a deeper insight into the biotechnological
potential of this bacterium and revealed its denitrifying, biofilm forming, and toxic compound
(e.g., phenol) utilization abilities. Genomic investigations combined with physiological analyses
indicated also that Ochrobactrum sp. POC9 is a metalotolerant bacterium, and carries several heavy
metal resistance genes in its genome. This is a beneficial feature, as heavy metals are common
in wastes, and may generate bactericidal effect. We also demonstrated that the POC9 strain is
resistant to various β-lactams (including ampicillin, cefexime, cefotaxime, and ceftriaxone), rifampicin
and chloramphenicol, which well correlates with the presence of several antibiotic resistance genes,
including blaOCH and cmlA/floR, in the Ochrobactrum POC9 genome. Nevertheless, as only few genes in
the POC9 genome were recognized as potentially linked to pathogenicity, and none of these genes
is a critical virulence factor found in severe pathogens, the strain appears safe for environmental
biotechnology applications.

5. Patents

Polish patent No. PL413998. Drewniak L., Poszytek K., Dziewit L., Sklodowska A. 2018.
Consortium of microorganisms capable of hydrolysis of the proteins and lipids in the sewage sludge
and/or contaminated soil, the formulation comprising them, the application of the consortium and
method of hydrolysis of proteins, lipids and hardly degradable compounds in sewage sludge and/or
organic compounds in soils.

Supplementary Materials: The following are available online at http://www.mdpi.com/1660-4601/15/7/1501/
s1, Figure S1: Daily biogas production during anaerobic digestion of sewage sludge. Figure S2: Metabolic
pathways of a putative biotechnological value recognized within the POC9 draft genome. Figure S3: Adherence
of Ochrobactrum sp. POC9 to an artificial (plastic) surface after three time intervals (24 h, 48 h and 72 h).
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Abstract: The aim of this study was to improve the removal of nitrogen pollutants from artificial
sewage by a modeled two-stage constructed rapid infiltration (CRI) system. The C/N ratio of the
second stage influent was elevated by addition of glucose. When the C/N ratio was increased to
5, the mean removal efficiency of total nitrogen (TN) reached up to 75.4%. Under this condition,
the number of denitrifying bacteria in the permanently submerged denitrifying section (the second
stage) was 22 times higher than that in the control experiment without added glucose. Elevation of
the C/N ratio resulted in lower concentrations of nitrate and TN in the second stage effluent, without
impairment of chemical oxygen demand removal. The concentration of nitrate and TN in effluent
decreased as the abundance of denitrifying bacteria increased. Moreover, the bacterial biofilms that
had formed in the sand of the second stage container were analyzed. The secretion of extracellular
polymeric substances, a major constituent of biofilms, was enhanced as a result of the elevated C/N
ratio, which lead to the improved protection of the bacteria and enhanced the removal of pollutants.

Keywords: two-stage constructed rapid infiltration system; water-saturated denitrifying section;
C/N ratio; denitrifying bacteria; extracellular polymeric substances

1. Introduction

The constructed rapid infiltration system (CRI) is a novel ecologically friendly technology for
sewage treatment based on a modification of conventional sewage treatment [1]. The core of a CRI is a
mixture of river sand and gravel that replaces conventional soil layers as the main infiltration media,
which improves hydraulic load [2]. In addition, a dry-wet cycling of water feeding and draining
is applied, which alternates the operation mode between an aerobic and (facultative) anaerobic
environment, thus employing a more diverse mix of microorganisms. The unique operation mode and
the rich diversity of microorganisms colonizing the filling medium of a CRI are favorable for efficient
removal of pollutants from sewage [3].

The common practice, with photographs shown in Figure 1, results in satisfying removal
performances of organic pollutants and suspended solids (SS); in particular removal rates of chemical
oxygen demand (COD) of 85% can be established, while ammonia nitrogen (NH4

+-N) removal rates can
be as high as 90%. In contrast, removal of total nitrogen (TN) is relatively poor, only reaching 10–30% [4].
In a simulation experiment, Wang et al. [5] found that the upper part of the CRI simulation column
contained higher amounts of denitrifying bacteria, related to presence of organic carbon sources, better
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oxygen transmission and aeration, while these were lacking in the anaerobic environment of the lower
part of the CRI simulation column. Due to the limitation of denitrifying bacteria and organic carbon
sources in that lower part, the overall removal of TN from the effluent was poor [5]. Removal of TN,
the sum of NH4

+-N, NO3
−-N, NO2

−-N and organic nitrogen, is difficult due to fluctuations between
these various nitrogen forms. Insufficient removal and excessive discharge of TN into the environment
can lead to eutrophication of rivers and lakes, which poses a world-wide environmental problem [6].
Thus, various methods have been employed to improve the nitrogen removal efficiency of a CRI.
It was shown that the main factors determining nitrogen removal in a CRI are the concentration of
dissolved oxygen, the ratio of C/N in the water, and the residence time of NO3

−-N in the anaerobic
section [7]. To improve nitrogen removal performance, a sub-section of the effluent can be fed back
into the CRI, which in simulated columns resulted in a 64.8% increase of TN removal efficiency [8].
Matsumoto [9] observed that denitrification by CRI could be improved when the C/N ratio in the
influent was increased to 2. Moreover, Chen et al. [10] found that the TN removal rate could reach
over 60% by adding 7 mg/L Fe3+ to the water-saturated section of CRI. Lastly, Song et al. [11] added
corncob waste to the water-saturated section of CRI, which increased the nitrogen removal rate to
above 79%. Thus, various methods exist to improve the nitrogen removal efficiency of CRI systems,
but few studies determined the optimal C/N ratio in influent of the water-saturated section, or the
variation in microbial biomass related to changes in C/N ratio in that section.
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Figure 1. Practical engineering of the Phoniex River CRI system operated successfully for 12 years in
Chengdu, China.

The microorganisms active in CRI system mostly form biofilms, and the necessary aerobic,
anaerobic and facultative anaerobic processes for efficient water purification depend on large numbers
of microbes attached to the surface of the filling medium [12]. As an important component of
biofilms, extracellular polymeric substances (EPS) constitute over 80% of biofilm organic matter [13].
These substances form a macromolecular gelatinous matrix with a three-dimensional network structure
mainly made up of proteins and carbohydrates [14]. The overall biofilm community has been described
as a “microbial city” [15], whereby the EPS forms the “accommodation” for the microbial cells [16].
EPS that can easily be released into solution is described as the soluble EPS (S-EPS) fraction; EPS that
remains bound to the bacteria (bound EPS or B-EPS) can be further divided into loosely bound EPS
(LB-EPS) and tightly bound EPS (TB-EPS, Figure 2). Due to its typical physico-chemical properties,
EPS enables a close packing of microbial cells, which protects them from external adverse effects.
Moreover, EPS can serve as an energy and carbon source for the microbes after it is degraded into
smaller molecules by extracellular enzymes. Lastly, EPS plays an important role in promoting microbial
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cell aggregation, as it accelerates biofilm formation and maintains collective structures. Due to these
effects, EPS improves CRI performance, and has become the focus of research towards biological
sewage treatment [17]. For instance, a positive correlation was found between the EPS content in
sludge and its sludge volume index in a sequential batch reactor (SBR) [18]. The concentration of
proteins and carbohydrates in LB-EPS of activated sludge correlated with the C/N ratio in influent [19],
although in those studies the EPS concentration of the biofilms in the water-saturated section of CRI
had not been reported.
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The goal of the current study was to use simulation columns of a two-stage CRI system to study the
nitrifying simulation column (the first stage) and the water-saturated denitrifying simulation column
(the second stage) separately, during treatment simulation of artificial sewage. The effect of variable
C/N ratios in the second-stage influent on pollutant removal was determined, and the microbial
community and biofilm EPS concentrations were quantified in the water-saturated denitrifying section.
This addressed the influence of different C/N ratios in influent on the pollutant removal performance
of CRI from a microcosmic perspective, which provides insights to improve nitrogen removal.

2. Materials and Methods

2.1. Experimental Design

A schematic diagram of the simulation columns representing the two stages of the CRI system
used in this study is shown in Figure 3. The model is composed of two parts: a nitrifying simulation
column (the first stage) and a water-saturated denitrifying simulation column that represents the
second stage; these were connected in series. The temperature of the columns was kept constant at
30 ± 1.2 ◦C by means of a temperature-controlled insulation mantle. The columns were made of
polyvinyl chloride (PVC) with a diameter of 8 cm and a height of 30 cm. The filling medium consisted
of two layers: a 4 cm high supporting layer of pebbles (5.0–10.0 mm) mixed with gravel (3.0–4.0 mm)
was covered by a 21 cm high treatment layer of 90% river sand (0.25–0.30 mm grain size), mixed
with 5% marble sand (1.0–2.0 mm) and 5% zeolite sand (1.5–1.7 mm). The sampling outlet of the
first stage column was positioned 1 cm above the bottom of the column, while the sampling outlet
of the second-stage column was fitted at a height of 26 cm. In this way, the second stage remained
continuously submerged. The influent sewage was pumped up so that it entered from the top of the
column, moved through the packing medium vertically, and left by the outlet where the water quality
was measured. In order to regulate the C/N ratio of the influent of the second stage, a tank with a
volume of 1 L was installed between the columns, from which a carbon source could be added.
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2.2. Sewage and Operational Conditions

The influent used in this study was synthetic sewage made up of glucose, sodium acetate,
ammonium sulfate, ammonium chloride, potassium phosphate, sodium carbonate and peptone,
which was refilled every three days. The water quality parameters are shown in Table 1. The sewage
influent entered the first stage column via a dry-wet alternating operation mode, with water feeding
with a hydraulic load of 0.6 m3·(m−3·d−1), each feeding time would last for 1.5 h and this was
performed twice every 24 h, followed by a drying time lasting 10.5 h, and a water flow of 200 mL/h.
The second-stage column received the effluent of the first stage column as influent. This was added by
intermittent feeding using the same regime as for the first stage column.

Table 1. Water quality parameters of influent of the first stage.

Water Quality Parameters Mean Concentration (mg/L)

Chemical Oxygen Demand (COD) 268.3 ± 20.0
NH4

+-N 50.4 ± 3.5
NO3

−-N 2.6 ± 0.3
NO2

−-N 0.039 ± 0.06
Total nitrogen (TN) 60.8 ± 2.0

pH 8.2

2.3. Batch Experiments

To study the effect of different C/N ratios of the second stage influent, three experimental setups
were constructed as described in Section 2.2 and these were started under the same conditions, to give
Test 1, Test 2 and Test 3 (T1, T2, T3). After operation for 30 days, the removal percentages of COD
and NH4

+-N from effluent were all stabilized, reaching levels up to 90%, indicating that biofilms had
formed successfully in the filling medium [8]. From this time point onwards, T1 served as control
treatment not receiving additives; the C/N ratio in the second stage influent of T2 was increased by
adding a carbon source at twice the amount of COD per nitrate-nitrogen (C/N 2:1) and that of T3 was
increased to a C/N ratio of 5:1. Glucose was used for this, as it is cheap, easy to obtain, non-toxic,
and easily biodegraded [20]. Influent and effluent of all three experiments was sampled every two
days and used for analysis. At the end of the experiment, after the removal efficiency of TN in the
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second stage effluent of all experimental tests had stabilized, the filling medium (sand) was sampled
from the second stage column for analysis.

2.4. Analytical Methods

2.4.1. Water Quality Analytical Methods

The concentration of COD in the water was determined using the potassium dichromate method,
the TN concentration was measured by UV spectrometry and the concentration of NH4

+-N was
determined by the Nessler’s reagent colorimetric method. Lastly, NO3

−-N was measured by UV
spectrometry, using standard procedures [21].

2.4.2. Microbiological Analysis and EPS Quantization

Bacterial counts of nitrifying and denitrifying bacteria were determined by the most probable
number method (MPN) [22]. For this, 10 g of sand was collected from the position 10 cm above the
supporting layer of the water-saturated denitrifying column and this was added to 100 mL sterile
water in conical flasks that were shaken for 30 min. The suspension was then serially diluted by 10-fold
steps and this dilution series was inoculated into culture medium and cultured for 14 days at 28 ◦C.
Finally, the culture medium was titrated by a chromogenic agent, and the number of bacteria was
obtained by comparing the number of tubes in the chromogenic medium with the MPN value table.

EPS in biofilms was extracted as previously described [14,23]. Sand samples (10 g) were mixed
with 45 mL extraction buffer (2 mmol/L Na3PO4, 4 mmol/L NaH2PO4, 9 mmol/L NaCl, 1 mmol/L KCl,
pH 7.0), treated by ultrasonication for 5 min and centrifuged (20 min 2000× g). The supernatant was
filtered through a milipore filter of 0.45 µm to give the extracted S-EPS fraction. The pellet was
resuspended into 45 mL extraction buffer and shaken for 1 h after which centrifugation was performed
at 5000× g for 20 min. The filtered supernatant from this second centrifugation step resulted in LB-EPS,
while the resuspended pellet was heated to 60 ◦C for 1 h and centrifuged at 10,000× g (20 min).
The supernatant of this third centrifugation step was filtered as above to give TB-EPS.

The amount of biofilm in the sand samples was estimated as follows. The samples were briefly
rinsed in distilled water and then mixed with 1 M NaOH and incubated at 70 ◦C for 30 min.
Following ultrasonic oscillation for 15 min the biofilm containing extracts were filtered (0.45 µm)
using pre-weighed membranes. After filtering, the membranes were dried in an oven at 103 ◦C for 1 h.
The amount of biofilm was estimated by the difference in weight of the membrane filters before and
after drying (SS).

The content of protein and carbohydrates was used to characterize EPS content (mg/g SS) as
these are the main components of EPS [14]. The carbohydrate content was measured by means of
the phenol-sulfuric method [24] with glucose as the standard. The protein content was measured by
Coomassie brilliant blue [18] using bovine serum albumin as the standard.

3. Results and Discussion

3.1. Effect of C/N Ratio on Removal Efficiency of Ammonium and Nitrate

In the first stage of the experimental CRI, ammonium is converted to nitrate according to
Equation (1):

NH4
+ + 2O2 = NO3

− + H2O + 2H+ (1)

The concentrations and removal efficiencies of ammonium in the effluent of the second stage
over time was determined for T1 (control), T2 (glucose added at a ratio of 2:1, C/N), and T3 (C/N
increased to 5:1). The results are shown in Figure 4a. The relative removal efficiency was calculated as
the difference in concentration between the first-stage influent and the second-stage effluent divided
by the concentration in the first stage influent.
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(a) Absolute concentrations of NH4

+-N in first-stage influent and in the second-stage effluent of the
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of the second stage in the three experimental setups.

The mean concentration of ammonium in the second stage effluent was lower in the control T1
(0.3 mg/L), than in T2 and T3 (0.4 mg/L and 0.5 mg/L, respectively). The removal percentages of
NH4

+-N reached up to 99.1% with only minor differences between the three experiments, indicating
that the modeled CRI resulted in good overall ammonium removal and an increased C/N ratio in the
second-stage influent contributed little to improve this. The removal of NH4

+-N in this CRI mainly
occurs through adsorption and nitrification, which take place in the first stage, so that alterations in
conditions of the second stage have little effect. Moreover, as a result of the used setup, the denitrifying
column provides a constant submerged environment, which restricts the nitrification reaction [5]
that would otherwise convert ammonium to nitrate (Equation (1)). As a result, varying the carbon to
nitrogen ratio in the influent of the second phase has no effect on the overall removal rate of ammonium.

The nitrate in the effluent is mainly generated by nitrifying bacteria that oxidize ammonium
during the dry phase [25]. As shown in Figure 4b, the mean concentration of NO3

−-N in the first-stage
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influent was only around 2.7 mg/L, but it was much higher in the effluent of the second stage. In the
control the mean nitrate concentration reached 45 mg/L in second-stage effluent, accounting for
93% of the TN concentration. Thus, the nitrifying section of the CRI resulted in nearly complete
nitrification of the available nitrogen, as a result of the employed dry-wet alternating operation mode.
Since negatively charged nitrate is not adsorbed by dielectric particles that are mostly also negatively
charged [26], it remained in solution and was efficiently flushed out with the water flow, resulting in
high concentration of nitrate and TN in the effluent. Wang et al. [25] showed that an extension of the
residence time of the denitrifying section could improve the denitrification capacity of a CRI, as it would
allow bacteria more time for nitrogen conversion. We extended the retention time to 6.5 h in the second
stage by constructing a permanent water-saturated environment. However, this did not significantly
increase the removal efficiency of nitrate in second-stage effluent of T1. Hou et al. [27] reported that a
C/N ratio less than 2 in influent provided insufficient amounts of carbon for denitrification, resulting
in low TN removal in effluent. We found that an increase in C/N to 2:1 in T2 resulted in average nitrate
concentrations in the second-stage effluent of 38.6 mg/L, which represents a decrease of 6.4 mg/L
compared to the control T1. With the highest tested C/N ratio of 5:1 (in T3) the nitrate concentration
decreased by 71.8% compared to T1, so that only 12.7 mg/L NO3

−-N remained in the second stage
effluent. Thus, we confirmed that the denitrifying capacity of a CRI can be improved by adding an
external carbon source to the water-saturated denitrifying section, in order to meet the energy demand
of denitrifying bacteria.

3.2. Effect of C/N Ratio on Removal Efficiency of Total Nitrogen

CRI has been shown to perform well for removal of COD, NH4
+-N and SS, but under standard

conditions the removal of TN is typically only around 10–30% [4]. This can be improved by an
increased C/N ratio in the second stage influent, as shown in Figure 5.

Initially, the TN concentrations in the second-stage effluent of all three experiments were above
35 mg/L during the first 5 days (Figure 5a), which indicates a relatively poor nitrogen removal
performance at this early stage of the experiments. Possibly, the denitrifying bacteria in the second
phase need time to adapt to the new conditions applying after addition of an external carbon source.
From day 9 onwards, the TN concentration in the second stage effluent of T2 and T3 decreased,
to 34.2 mg/L and 21.9 mg/L respectively. As the experiments continued, this TN concentration
in effluent of T3 kept declining, but in T2 it increased again. This indicates that the C/N ratio of
2:1 enhanced the denitrifying capacity of the second stage section to a certain extent by promoting
growth of denitrifying bacteria, but it was insufficient to meet the increasing demand of carbon as the
denitrifying bacteria proliferated. This is in line with findings reported by Fan et al. [28], who tested a
C/N ratio of 2.5 in influent of a constructed wetland which resulted in a TN removal efficiency of only
around 25%.

On day 17 of the experiments, the TN concentration in the second stage effluent of was more
or less stable with mean TN concentrations in the second stage effluent of 48.4 mg/L (giving a
19.6% removal rate) in T1, 41.0 mg/L (31.8% removal rate) in T2 and 14.7 mg/L (75.4% removal rate)
in T3. The TN removal rate of the second stage effluent had thus nearly doubled in T2 compared to T1,
but the resulting concentration was still too high to meet the national sewage discharge B standard
(GB18918-2002) (TN ≤ 20 mg/L). The second-stage effluent of T3 passed this standard, and even
passed the sewage discharge a standard (TN ≤ 15 mg/L). The TN removal of T3 had improved by
69.5% compared to T1. This clearly shows that addition of a carbon source in the second stage influent
enhanced the nitrogen removal efficiency of the system, whereby a C/N ratio of 5 performed better
than a ratio of 2. The best TN performance obtained resulted in 79.8% removal of TN.
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3.3. Effect of C/N Ratio on Removal Efficiency of Chemical Oxygen Demand

The COD concentration of the first stage influent was 268.3 ± 20.0 mg/L. This reduced during
the first stage to 22.8 mg/L, 24.5 mg/L and 20.5 mg/L for effluent of T1, T2 and T3 respectively,
so the mean fraction of removed COD reached up to 90% in all three experiments. However, the mean
concentration of NO3

−-N in the first stage effluent remained above 48.3 mg/L, resulting in a C/N ratio
in the first stage effluent below 1. The effect of increasing this ratio to 2 and 5 in T2 and T3, respectively,
on COD removal is shown in Figure 6. Whereas the mean concentration of COD in the second stage
effluent of T1 decreased to only 16.2 mg/L, for T2 and T3 it went down to 9.3 mg/L and 8.7 mg/L
respectively. Compared with T1, the mean COD concentration in the second stage effluent of T2 and T3
were much lower, indicating that the addition of glucose to the second stage influent had not resulted
in an increase of COD in the effluent, but rather promoted the removal of COD during the second
stage. Clearly, this external carbon source enhanced the activity and growth of denitrifying bacteria.
The amount of glucose required for this was not fully met under experimental condition T2, as the
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best COD removal was obtained with T3, which received the highest amount of glucose. In another
study, Chen et al. [7] found that the removal efficiency of COD could reach up to 85% in the nitrifying
section of CRI, while Wang et al. [20] determined an optimal C/N ratio for denitrification of 6–7 when
they used glucose as external carbon source. Zhang [29] noticed that nitrogen could be completely
removed in SBR by adjusting the C/N ratio to 7.1 with added glucose. Yan et al. [30] reported that if
the main purpose of the sewage treatment was to remove nitrogen, the C/N ratio in influent should be
slightly lower than the optimum C/N ratio, which could not only guarantee high COD removal rates
(resulting in low residual organic matter), but also produce a better nitrogen removal performance.
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3.4. Analysis of the Microbial Communities and EPS

The bacteria in the water-saturated denitrifying section were quantitatively analyzed by the
MPN method (Figure 7). The sand from the second stage of T1 contained 6.5 × 103 CFU (g sand)−1

nitrifying bacteria, and approximately half were present in the sand of T2 and T3 (3.3 × 103 and
3.1 × 103 CFU·(g sand)−1, respectively). The low amount of dissolved oxygen and NH4

+-N in
the fully submerged second stage most probably limited the growth of these aerobic bacteria [31].
These relatively low counts of nitrifying bacteria support the conclusion that the nitrification reaction
was restricted in the fully submerged phase of the CRI. A previous study [32] described that when
organic matter was abundant in sewage, heterotrophic bacteria could grow rapidly and these would
outcompete nitrifying bacteria for dissolved oxygen and nutrients.

The numbers of denitrifying bacteria were a factor of 1000 higher, in the order of
106–107 CFU·(g sand)−1, In particular in T3 their numbers peaked to 5.1 × 107 CFU·(g sand)−1,
which was over 20 times higher than in T1, and 10 times higher than in T2. Therefore, under
the water-saturated conditions applied, an increase of the C/N ratio in the influent promoted the
proliferation of denitrifying bacteria as long as the nitrogen supply was sufficient. When the C/N
ratio increased from 2 to 5, the number of denitrifying bacteria increased by more than one order
of magnitude. Combining all results, it was found that the concentrations of TN and NO3

−-N
in the second stage effluent decreased with an increase in numbers of denitrifying bacteria in the
water-saturated denitrifying section. This suggests that the number of denitrifying bacteria presenting
this section of the CRI is animportant factor determining the nitrogen removal performance, and this
can be influenced by changing the C/N ratio. However, the specific relationship between the bacterial
abundance and the nitrogen removal performance needs to be further explored.
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Figure 7. The number of denitrifying bacteria (106 CFU·(g sand)−1) and nitrifying bacteria
(103 CFU·(g sand)−1) in the sand of the water-saturated denitrifying section.

The amount of S-EPS, LB-EPS and TB-EPS in the formed biofilms was determined for the
denitrifying section and the total EPS concentration was calculated as the sum of these fractions.
The concentrations of proteins and carbohydrates were also determined, with results shown in Figure 8.
Panels 8a and 8b show that the amount of biofilm S-EPS and LB-EPS was higher in T2 than in T1,
probably as a result of the increased C/N ratio, though a further increase of this ratio in T3 did not
elevate S-EPS and LB-EPS further. Their concentrations all remained below 10 mg/g SS. In contrast,
the fraction of TB-EPS (panel 8c) was higher in T2 than in T1, and higher still in T3, with concentrations
exceeding 10 mg/g SS. The total EPS reached nearly 30 mg/g SS in T3 (panel 8d). This increase in
biofilm EPS as a result of the increase by C/N ratio was mostly attributed to TB-EPS, confirming that
TB-EPS is the key factor affecting the concentration of total EPS [19].

The comparisons of protein and carbohydrate fractions of EPS between T1, T2 and T3 produced a
less clear picture, with an increase for proteins as a result of increased C/N ratio in S-EPS and TB-EPS
but not in LB-EPS. For the carbohydrate fraction, the trends were in the opposite direction (Figure 8).
The reason for these observations may be that as long as the nitrogen source was sufficient in the
influent, addition of extra glucose could promote the formation of protein in S-EPS, but this limited the
production of carbohydrates due to competition. The fractions of both protein and carbohydrate were
increased in TB-EPS when the C/N ratio was increased (Figure 8c), which indicated that the increase of
carbon source could simultaneously promote the increase of protein and carbohydrate concentrations
in biofilm TB-EPS. Moreover, the contents of protein and carbohydrate in total EPS (Figure 8d) showed
the same changing trends as those of TB-EPS, which indicates that increasing the C/N ratio in the
second stage influent was favorable to enhance the secretion of protein and carbohydrates in total EPS.
This would lead to an improved ability of biofilm formation, which would protect the microbial cells
and allow more efficient pollutants removal.

It has been reported that the protein fraction of EPS could promote biofilm and granular sludge
formation, and maintain the stability of microbial aggregates [33]. The carbohydrate fraction serves
as the skeleton of these microbial aggregates, and when a mutation was introduced in a gene that
abolishes carbohydrate biosynthesis, the bacteria could no longer form mature biofilms [34]. However,
the contents of protein and carbohydrate in biofilm LB-EPS both showed a opposite trend to that of
biofilm S-EPS, which may be because the carbon source was primarily used to generate carbohydrate
and protein, which was then gradually degraded and utilized by the microorganisms when the carbon
source became restricted over time.
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shown as bars in (d). 

4. Conclusions 

This work shows that the removal efficiency of TN by a two-stage CRI could reach 75.4 ± 2.8%, 
provided the C/N ratio in the influent of the second stage was elevated to 5 by the addition of glucose. 
We have shown that elevating the C/N ratio can promote the removal of nitrate and TN in the second-
stage effluent, without impairing the COD removal. The quantity of denitrifying bacteria in the sand 
of the permanently submerged denitrifying section increased as a result of the higher C/N ratio, and 
the concentrations of NO3−-N and TN in the subsequent effluent both decreased as the quantity of 
denitrifying bacteria increased. Moreover, analysis of the bacterial biofilms that had formed in the 
sand of the denitrifying section showed that the elevated C/N ratio had enhanced secretion of the 
total biofilm EPS, which leads to improved biofilm formation and enhances the pollutant’s removal 
in the two-stage CRI. 
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4. Conclusions

This work shows that the removal efficiency of TN by a two-stage CRI could reach 75.4 ± 2.8%,
provided the C/N ratio in the influent of the second stage was elevated to 5 by the addition of
glucose. We have shown that elevating the C/N ratio can promote the removal of nitrate and TN in the
second-stage effluent, without impairing the COD removal. The quantity of denitrifying bacteria in the
sand of the permanently submerged denitrifying section increased as a result of the higher C/N ratio,
and the concentrations of NO3

−-N and TN in the subsequent effluent both decreased as the quantity
of denitrifying bacteria increased. Moreover, analysis of the bacterial biofilms that had formed in the
sand of the denitrifying section showed that the elevated C/N ratio had enhanced secretion of the
total biofilm EPS, which leads to improved biofilm formation and enhances the pollutant’s removal in
the two-stage CRI.
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Abstract: In the current study, graphene oxide, Fe3+, and Fe2+ were used for the synthesis of magnetic
graphene oxide (MGO) by an in situ chemical coprecipitation method. Scanning electron microscopy,
transmission electron microscopy, Fourier transform infrared spectroscopy, and X-ray diffraction
were used to characterize the well-prepared MGO. The prepared MGO was used as an adsorbent to
remove five typical estrogens (estrone (E1), 17β-estradiol (E2), 17α-ethinylestradiol (17α-E2), estriol
(E3), and synthetic estrogen (EE2)) at the ppb level from spiked ultrapure water and wastewater
treatment plant effluent. The results indicated that the MGO can efficiently remove estrogens from
both spiked ultrapure water and wastewater treatment plant effluent in 30 min at wide pH ranges
from 3 to 11. The temperature could significantly affect removal performance. A removal efficiency
of more than 90% was obtained at 35 ◦C in just 5 min, but at least 60 min was needed to get the same
removal efficiency at 5 ◦C. In addition, an average of almost 80% of the estrogens can still be removed
after 5 cycles of MGO regeneration but less than 40% can be reached after 10 cycles. These results
indicate that MGO has potential for practical applications to remove lower levels of estrogens from
real water matrixes and merits further evaluation.

Keywords: estrogens; magnetic graphene oxide; adsorption; wastewater treatment plant effluent

1. Introduction

China has the largest population in the world and has been facing a serious water crisis and
water pollution problem in the past decades. According to the annual statistical yearbook for urban
construction, 4.8 × 1010 m3 of wastewater was discharged in 2016 and more than 93% of the wastewater
was treated by wastewater treatment plants. 77.6% of the treated wastewater from wastewater
treatment plants (WWTPs) was directly discharged into rivers and the other 22.4% was used to
yield reclaimed water. The rate of reclaimed water use was 44.9% (4.5 × 109 m3) [1]. These figures are
increasing as a consequence of government policies [2,3]. The safety of WWTP effluent has attracted
scrutiny, even after it has met the criteria for discharge or reuse [4–6]. However, there are still persistent
residual chemicals, such as endocrine-disrupting compounds (EDCs), pesticides, and pharmaceutical
and personal care products [5,7,8], which are characterized by low concentrations (ng/L), high variety,
and complicated physicochemical properties [9].

Endocrine-disrupting activity caused by natural steroid estrogens, including estrone (E1),
17β-estradiol (E2), 17α-ethinylestradiol (17α-E2), estriol (E3), and synthetic estrogen (EE2), has been
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widely detected in the effluent of WWTPs and in their receiving water bodies, as well as in reclaimed
water using the effluent as a water source [4,10–12]. The levels varied from concentrations of pg/L
to µg/L. Due to their potential health risk, adsorption, biodegradation, advanced oxidation process,
and photodegradation are frequently used for removing estrogens. Adsorption is considered as the
most efficient and economical method.

Abundant oxygen-containing functional groups (such as hydroxyl, carboxyl, and epoxy groups)
on the surface of graphene oxide (GO) make it extremely hydrophilic and gives it the capability to be
used in aqueous environments as a superior sorbent for removing various pollutants, such as metal
ions [13,14], tetracycline antibiotics [15], microcystin [16], and polycyclic aromatic hydrocarbons [17].
However, due to its high dispersibility, it is difficult to separate from the aqueous solution, which
may lead to secondary pollution [18,19]. In recent years, magnetic materials have been widely used in
the water and wastewater treatment for removing of various pollutants since they can be efficiently
separated by magnetic separation technology [20–25]. Magnetic graphene oxide (MGO) combines the
easy separation of magnetic particles and the high adsorption capacity of GO. In recent years, MGO
was reported as a superior sorbent for the removal of antibiotics [26], dyes [27], and metal ions [28,29]
with concentrations up to hundreds of mg/L. However, to our knowledge, there is an absence of
information focused on the removal of a low level of estrogens with MGO.

The objective of this study was to investigate the adsorption efficiency of MGO for five typical
estrogens in both ultrapure and reclaimed water at a ppb level. MGO was synthesized using a
chemical coprecipitation method. Estrogens with different concentrations were mixed as samples for
investigating MGO adsorption efficiency. Various factors influence the adsorption process, such as
pH and temperature, and these were studied. The current study will help to address some of the
knowledge gaps about the removal of estrogenic hormones in reclaimed water.

2. Materials and Methods

2.1. Materials

Analytical standards of E1, E2, 17α-E2, EE2, E3, and acetonitrile were purchased from Aladdin
(Shanghai, China). Flake graphite (99.95%, 325 meshes) was provided by Jinrilai Co., Ltd. (Qingdao,
China). NH4Fe(SO4)2·12H2O and FeCl2·4H2O were purchased from Sinopharm Chemical Reagent Co.,
Ltd. (Shanghai, China). CH2Cl2, C6H14, Sulfuric acid (H2SO4, 98%), KMnO4, H2O2 (30%), ammonia
solution (25%), and hydrochloric acid were produced by Beijing Chemicals Corporation (Beijing, China).

2.2. Preparation and Characterization of MGO

The synthesis of MGO was fulfilled by an in situ chemical coprecipitation of Fe3+, Fe2+, and GO.
GO was synthesized by a pressurized oxidation method described by Bao et al. [30]. Firstly, 100 mL of
GO (5 mg/mL) was sonicated for 30 min to form a stable suspension. Then, 8.33 g NH4Fe(SO4)2·12H2O
and 1.7 g FeCl2·4H2O were dissolved in 100 mL of ultrapure water under nitrogen protection, followed
by a rapid addition of 10 mL of 25% ammonia. Then, the GO suspension was injected dropwise into
the solution while being strongly stirred and the solution was keep at 85 ◦C for 1 h. The product was
collected with a magnet and washed with ethanol and ultrapure water three times, then dried at 65 ◦C
for 12 h.

The prepared MGO was characterized by scanning electron microscopy (SEM) (XL30-ESEM, FEI,
Hillsboro, OR, USA), transmission electron microscopy (TEM) (TECNAI F20, FEI, Hillsboro, OR, USA),
Fourier transform infrared spectroscopy (FTIR) (Nicolet 6700, Thermo Fisher Scientific, Waltham,
MA, USA), and X-ray diffraction (XRD) (D8 ADVANCE, Bruker, Karlsruhe, Germany). Additionally,
the zeta potential of MGO was also measured (Nano ZS 90, Malvern, UK).
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2.3. Adsorption Experiments in Estrogen-Spiked Ultrapure Water

The initial concentrations of five estrogens in the 100 mL solutions were 200 µg/L. The experiment
was carried out in a 25 ◦C thermostatic room. Duplicate 1 mL water samples were taken at regular time
intervals of 1, 2, 5, 10, 15, and 30 min for HPLC-MS/MS analysis. All the flasks were kept in the dark
and agitated on a shaker at 200 rpm, a speed at which adsorption onto the glassware and stripping can
be neglected. The estrogen reduction in the blank tests spiked with 200 µg/L ranged from 1.2 ± 1.1%
to 3.3 ± 1.8% in 2 h. Therefore, estrogen reduction due to glassware adsorption, soluble organic matter
adsorption, and photodegradation were considered minimal. The MGO concentrations were 0.1 g/L.
The effect of initial pH was testing by mixing 0.1 g/L MGO with 200 µg/L estrogen mixture solutions
at various pH values (pH of 3–11) for 30 min. The pH solution was adjusted with 0.1 mol/L HCl or
NaOH solutions.

2.4. Adsorption Experiments in WWTPs Effluent

WWTP effluent samples were taken from three local WWTPs and filtered through a 0.45 µm filter.
The filtrate was collected for further use. For adsorption experiments, samples were adjusted to a pH
of 5. MGO dosage was at 0.1 g/L and the contact time set as 30 min.

Solid phase extraction (SPE)-HPLC-MS/MS was used to analyze estrogen concentration before
and after adsorption. SPE was carried out using the Aqua Trace 899 (GL Science, Kyoto, Japan)
automated solid-phase extraction instrument. A 1000 mL sample was consecutively extracted by a
C18 column (6 mL, 500 mg). The C18 column was preconditioned consecutively with 2 mL Milli-Q
water, 2 mL acetonitrile, and 2 mL methylene dichloride. The filtered sample was loaded onto the
SPE column at a flow rate of 10 mL/min. Then, the column was rinsed with 5 mL Milli-Q water and
5 mL hexyl hydride, followed by column elution with 4 mL hexyl hydride at a flow rate of 3 mL/min
and desiccation with nitrogen gas for 1 h. Finally, 3 mL acetonitrile was used to redissolve estrogens
using a vortex oscillation system for 5 s. The organic eluent was eventually concentrated down to
0.5 mL under a high purity nitrogen stream in a 40 ◦C water bath and, within a week, Milli-Q water
was added to make 1 mL for HPLC-MS/MS analysis.

2.5. HPLC-MS/MS Analysis for Estrogens

In this study, a Shimadzu LC-20AD HPLC system (Shimazu, Kyoto, Japan) consisting of an
Eclipse Plus C18 column (50 × 2.1 mm, 3.5 µm particle size) (Agilent, Santa Clara, CA, USA) was
used for estrogen separation. The mobile phase, with a flow rate of 0.3 mL/min, was composed of
acetonitrile-water (45:55, v/v). The sample injection volume was 20 µL.

Analyses were performed using Qtrap 5500 mass spectrometry (Applied Biosystems Sciex, Toronto,
ON, Canada) with a Turbo Ion Spray source. Data acquisition was performed in the negative ion mode,
and the optimized parameters were as follows: a source temperature of 120 ◦C, a desolvation temperature
of 380 ◦C, a capillary voltage of 3.2 kV, a desolvation gas flow of 700 L/h, and a cone gas flow of 80 L/h.
Argon (99.999%) was used as the collision gas. Quantitative analysis was performed in the multiple
reaction monitoring (MRM) mode. The optimal conditions for MS/MS analysis are listed in the Table 1.

The overall method recoveries for the target analytes were between 82.6% and 113.2%, with a relative
standard deviation (RSD) less than 13.4%. The limits of quantification (LOQ) of the target analytes were
between 2 and 8 ng/L in the pure water and WWTP effluent.

Table 1. Main mass fragments of the target compounds.

Compound Precursor Ion Product Ion Declustering Potentials (V) Collision Energy (eV)

E1 269.5 145.1 −70 −52
E2 270.8 145.1 −70 −58

17α-E2 270.8 145.1 −70 −58
EE2 294.9 145.1 −60 −53
E3 286.6 145.1 −70 −58
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3. Results and Discussion

3.1. Characterization of Adsorbent

3.1.1. SEM

The morphological structure of MGO was observed using SEM and TEM (Figure 1). Compared
with the smooth surface and wrinkles of GO (Figure 1a), it can be seen that Fe3O4 nanoparticles
were successfully coated on the surface of GO to form MGO (Figure 1b). Figure 1c,d show the TEM
images of MGO, which suggests that Fe3O4 nanoparticles with a diameter of about 10–20 nm were
well-dispersed on GO sheets. The composition of MGO was verified by energy dispersive X-ray
spectroscopy (EDX), as shown in Figure 2. The spectrum showed peaks corresponding to C, O, and Fe.
The mass and atom ratio of Fe in MGO was 79.18% and 51.07%, respectively, which also suggested
that Fe3O4 nanoparticles were well-dispersed on GO sheets.
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3.1.2. FTIR Spectroscopy

FTIR is a valuable technique for understanding the mechanism of adsorption. The FTIR spectra
for GO and MGO are shown in Figure 3. For GO, the peak at 1722 cm−1 corresponds to the stretching
band of C=O in carboxylic acid or carbonyl moieties. The intense peaks at 3431 cm−1 are attributed to
the stretching of the O–H band. The peak at 1613 cm−1 (aromatic C=C) can be assigned to the skeletal
vibrations of unoxidized graphitic domains. For the FTIR spectrum of MGO, two new vibrational peaks
appear at around 1122 and 1182 cm−1. These can be assigned to the formation of either a monodentate
complex or a bidentate complex between the carboxyl group and Fe. The appearance of new peaks
suggests that Fe3O4 are covalently bonded to the surface of GO nanosheets. Moreover, the peaks at
561 cm−1 can be ascribed to the lattice absorption of Fe3O4, indicating that Fe3O4 nanoparticles were
loaded onto the surface of GO successfully and the MGO was synthesized successfully.
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3.1.3. XRD

The XRD patterns of the GO and MGO composite are presented in Figure 4. The strongest peaks
at 2θ = 11.4◦ (001) can be appointed to the reflection of the GO, and the peaks at 2θ = 30.3◦ (220), 35.7◦

(311), 43.5◦ (400), 53.9◦ (422), 57.5◦ (511), and 63.0◦ (440) are consistent with the standard XRD data of
Fe3O4. After modification with Fe3O4, the iron oxides cover up the weak carbon peaks when there
is a disappearance of GO at the diffraction peak (2θ = 11.4◦). In addition, the presence of magnetite
reduces the aggregation of graphene sheets, which results in more monolayer graphene. This, in turn,
leads to weaker peaks from carbon being observed [31].
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3.1.4. Magnetization

Figure 5 represents the “S”-type hysteresis loops of MGO and their magnetization saturation
(Ms) at 278 and 300 K, respectively. The Ms of MGO is about 1.93 and 1.97 emu/g at 278 and 300 K,
respectively. This evidence demonstrates that the MGO made by coprecipitation synthesis was given
stronger magnetization. Though the Ms is not very high, it is enough for magnetic separation, as can be
seen from Figure 4. The figure also showed that the effect of temperature on the magnetic of MGO is
not significant since the hysteresis loops of MGO at 278 and 300 K tend to coincide. This phenomenon
suggests that the variation of temperature does not influence the magnetization of MGO in the
subsequent adsorption experiment.
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3.2. Effect of Initial Solution pH

pH is an essential environmental factor and the most important external factor in influencing the
surface charge on the adsorbents and the potential ionization of chemicals. The effect is determined by
conducting experiments at initial pH values ranging from 3 to 11. MGO and estrogen are set at 0.1 and
200 µg/L, respectively, and the solutions are unbuffered.

Figure 6 shows the effect of pH on the MGO adsorption of estrogens. Overall, the sorption
decreased with the increasing pH values. E3 is the most sensitive to pH conditions compared to the
other estrogens. The highest sorption capacity (86.7%) of E3 was observed at pH 3, while only 7.3%
was observed at pH 11. However, aqueous phase pH showed a negligible influence on E1 and EE2
sorption onto MGO. More than 90% of the sorption capacity was obtained at pH 11.
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Figure 6. Effect of pH on MGO’s adsorption of estrogens (MGO = 0.05 g, T = 308 K, t = 30 min,
and estrogens’ concentrations = 200 µg/L).

Lower estrogen sorption efficiency was observed at higher pH levels, especially basic pH conditions.
This might be attributed to the increase in hydroxyl ions, leading to the formation of aqua complexes
which retard the sorption phenomena [32]. On the other hand, the benzene ring and phenol hydroxyl of
estrogen’s molecular structure were more reactive at acidic conditions and more easily accepting of electrons.
This results in the benzene ring rupture further oxidizing to form carboxylic acid functional groups [33],
which have a greater affinity to MGO. As shown in Figure 7, the zeta potentials of MGO were negative
when pH > 5.4, and the negative charge was enhanced with increasing pH. The repulsive electrostatic
interaction established between the negative surface charge of MGO and the estrogens might lead to the
lower adsorptive capacity the higher pH ranges. On the other hand, when pH < 5.4, the electrostatic
attraction will play a major role in the adsorption of estrogens to positively charged surfaces of MGO.

Int. J. Environ. Res. Public Health 2018, 15, x  7 of 13 

 

determined by conducting experiments at initial pH values ranging from 3 to 11. MGO and estrogen 
are set at 0.1 and 200 μg/L, respectively, and the solutions are unbuffered. 

Figure 6 shows the effect of pH on the MGO adsorption of estrogens. Overall, the sorption 
decreased with the increasing pH values. E3 is the most sensitive to pH conditions compared to the 
other estrogens. The highest sorption capacity (86.7%) of E3 was observed at pH 3, while only 7.3% 
was observed at pH 11. However, aqueous phase pH showed a negligible influence on E1 and EE2 
sorption onto MGO. More than 90% of the sorption capacity was obtained at pH 11. 

 
Figure 6. Effect of pH on MGO’s adsorption of estrogens (MGO = 0.05 g, T = 308 K, t = 30 min, and 
estrogens’ concentrations = 200 μg/L). 

Lower estrogen sorption efficiency was observed at higher pH levels, especially basic pH 
conditions. This might be attributed to the increase in hydroxyl ions, leading to the formation of aqua 
complexes which retard the sorption phenomena [32]. On the other hand, the benzene ring and 
phenol hydroxyl of estrogen’s molecular structure were more reactive at acidic conditions and more 
easily accepting of electrons. This results in the benzene ring rupture further oxidizing to form 
carboxylic acid functional groups [33], which have a greater affinity to MGO. As shown in Figure 7, 
the zeta potentials of MGO were negative when pH > 5.4, and the negative charge was enhanced with 
increasing pH. The repulsive electrostatic interaction established between the negative surface charge 
of MGO and the estrogens might lead to the lower adsorptive capacity the higher pH ranges. On the 
other hand, when pH < 5.4, the electrostatic attraction will play a major role in the adsorption of 
estrogens to positively charged surfaces of MGO. 

 
Figure 7. Zeta potential of MGO at different pH values. 

The sorption efficiency of estrogens onto MGO followed the order of E1 ≈ EE2 > E2 ≈ 17α-E2 > 
E3 at all the pH ranges, especially at alkaline conditions. This may be attributed to the quantity of the 

3 4 5 6 7 8 9 10 11
0

20

40

60

80

100

ad
so

rp
tio

n 
ef

fi
ci

en
cy

 (
%

)

pH

 E1
 E2
 17α-E2
 EE2
 E3

Figure 7. Zeta potential of MGO at different pH values.

150



Int. J. Environ. Res. Public Health 2018, 15, 1454

The sorption efficiency of estrogens onto MGO followed the order of E1 ≈ EE2 > E2 ≈ 17α-E2 >
E3 at all the pH ranges, especially at alkaline conditions. This may be attributed to the quantity of the
hydroxyl group contacted in estrogen’s molecular structure. There are three hydroxyl groups in the E3
molecule, two in E2 and 17α-E2, and only one in E1 and EE2. More hydroxyl groups lead to a higher
negative surface charge of the estrogen molecule, especially in alkaline conditions. Thus, stronger
repulsive electrostatic interactions occurred.

3.3. Adsorption Kinetics

Pseudo-first-order and pseudo-second-order models (expressed as Equations (1) and (2), respectively)
were employed to describe the kinetics of adsorption:

ln(qe − qt) = ln qe − k1t (1)

t/qt =
1

k2qe2 + t/q2 (2)

where qe and qt are adsorption capacity (mg/g) at equilibrium and at time t (min), respectively,
and k1 and k2 are the pseudo-first-order constant (min−1) and the pseudo-second-order rate constant
(g/(µg·min)), respectively.

The kinetic parameters for the two models were determined and listed in Table 2. The results
show that the correlation coefficient (r) for the pseudo-first-order model is relatively low, and there
is a large difference between the calculated adsorption capacity (qe (cal)) and the experimental value
(qexp), especially for E1, EE2, and E3. The plots of pseudo-first-order and pseudo-second-order kinetic
models are shown in Figure 8. As shown in the figure, experimental data had a much better fit with
the pseudo-second-order kinetic model. The coefficient factor for this model is very high (r > 0.97),
and the calculated adsorption capacity agrees well with experimental values.
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Table 2. Kinetic parameters for pseudo-first-order and pseudo-second-order models.

Kinetic Model Estrogen k1 (min−1) k2 g/(µg·min) qe (cal) (µg/g) qexp (µg/g) r

pseudo-first-order

E1 0.436 633.9 387.6 0.94
E2 0.324 394.6 333.6 0.97

17α-E2 0.295 317.4 333.6 0.98
EE2 0.470 625.7 378.4 0.93
E3 0.213 176.4 294.8 0.88

pseudo-second-order

E1 0.553 400.0 387.6 0.97
E2 1.001 386.1 333.6 0.99

17α-E2 1.112 375.9 333.6 0.99
EE2 0.902 442.5 378.4 0.99
E3 3.877 289.8 294.8 0.97
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3.4. Effect of Temperature

Temperature is another essential and important external factor which can significantly influence
adsorption ability. The effect is determined by conducting experiments at 5, 15, 25, and 35 ◦C.
The solution’s initial pH set at 5. MGO and estrogen are 0.1 g/L and 200 µg/L, respectively.

Figure 9 shows the effect of temperature on the MGO adsorption of estrogens. Overall, temperature
significantly influences adsorption efficiency. The adsorption efficiency varied from 41.3% to 95.2% for
E1, 51.4% to 79.4% for E2, 52.4% to 98.2% for 17α-E2, 60.1% to 93.2% for EE2, and 88.4% to 73.3% for E3.
Except for E3, the sorption efficiency was increased with the increasing temperature, which was consistent
with previous works [34–36]. However, E3 expresses a different trend related to temperature. Lower
temperatures seem favorable for the sorption of E3, which is inconsistent with previous work where
activated carbon was used as an adsorbent for removing E3 from aqueous solutions [32].
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Figure 9. Effect of temperature on the MGO adsorption of estrogens (MGO = 0.05 g, pH = 5, t = 30 min,
and estrogens’ concentrations = 200 µg/L).

3.5. Regeneration and Reusability

To study the reusability of MGO, the particles were separated after the adsorption process by
using a magnet. Estrogens were desorbed by stirring in 10 mL ethanol for 30 min, and the MGO were
dried naturally at room temperature. The recycled adsorbents were used for the next adsorption runs.
The results of recycling the experiment for 10 cycles are shown in Figure 10. It is observed that the
removal efficiency of all the five estrogens decreased slowly with the increasing regeneration cycles in
the first five cycles and dramatically decreased after five cycles. With E1, for example, it is observed
that about 96% of the E1 was removed after the first cycle. More than 85% removal efficiency was
observed after the 5th cycle, but only 42% was observed after the 10th cycle. These results demonstrated
that MGO could be regenerated effectively by ethanol and has the potential for reusability in about
five cycles.
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3.6. Application to WWTP Effluent

WWTPs are considered a significant source of estrogen into the receiving environment [11]. Thus,
three WWTP effluent samples were collected from three local WWTPs to investigate the removal of
estrogens by MGO. The samples were adjusted to a pH of 5. MGO dosage was 0.1 g/L and the contact
time set as 30 min. The concentration of estrogens before and after adsorption are shown in Table 2.

As shown in Table 3, though wastewater was treated by traditional bioprocess, dozens of ng/L
estrogens were detected in local WWTPs effluent. Overall, MGO exhibits an effective ability for
adsorption removal of estrogens from WWTP effluent. After adsorption, E2 was completely removed
from all three samples. More than 90% of E1, 17α-E2, and EE2 were also removed. Just like in pure
water, E3 was found to be relatively recalcitrant to MGO in WWTP effluent. More than 4.8 ng/L of E3
was detected in all the three samples after adsorption, which means more than 30% of the E3 remained
in samples. The above experiments demonstrated that though the WWTP effluent matrix is much
more complex than that of pure water and the estrogen concentration is of low magnitude, MGO can
effectively sorb the trace estrogens. This indicates that the MGO has potential for practical applications
to remove lower levels of estrogens from real water matrixes.

Table 3. Removal of estrogens in wastewater treatment plant (WWTP) effluent by using MGO.

Estrogens Samples
Concentration (ng/L)

Before Adsorption After Adsorption

E1
A 31 1.5
B 56 n.d.
C 38 n.d.

17α-E2
A 27 n.d.
B 16 0.8
C 21 n.d.

E2
A 39 n.d.
B 17 n.d.
C 46 n.d.

EE2
A 25 2.3
B 13 n.d.
C 27 1.1

E3
A 16 5.8
B 20 7.9
C 14 4.8
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4. Conclusions

In summary, MGO was successfully synthesized using the in situ chemical coprecipitation method.
MGO can efficiently remove five typical estrogens from both ultrapure water and WWTP effluent
at ppb levels. Sorption was decreased with increasing pH values, and E3 is the most sensitive to
pH conditions compared to the other estrogens. Acidic and neutral conditions are favorable for
estrogen adsorption onto MGO. Experimental data fit better with the pseudo-second-order kinetic
model. Except for E3, sorption efficiency was increased with increasing temperatures. E3 expresses
the opposite trend. MGO can be easily separated by using a powerful magnet and regenerated using
10 mL of ethanol. MGO exhibits an effective ability to adsorb the removal of estrogens from WWTP
effluent. More than 90% of E2, E1, 17α-E2, and EE2 can be removed.
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Abstract: Eliminating organic and inorganic pollutants from water is a worldwide concern. In this
study, we applied electrochemical oxidation (EO) and adsorption techniques to eliminate ammonia,
phenols, and Mo(VI) from aqueous solutions. We analyzed the first stage (EO) with response surface
methodology, where the reaction time (1–3 h), initial contaminant concentration (10–50 mg/L), and pH
(3–6) were the three independent factors. Sodium sulfate (as an electrolyte) and Ti/RuO2–IrO2

(as an electrode) were used in the EO system. Based on preliminary experiments, the current
and voltage were set to 50 mA and 7 V, respectively. The optimum EO conditions included a
reaction time, initial contaminant concentration, and pH of 2.4 h, 27.4 mg/L, and 4.9, respectively.
The ammonia, phenols, and Mo elimination efficiencies were 79.4%, 48.0%, and 55.9%, respectively.
After treating water under the optimum EO conditions, the solution was transferred to a granular
composite adsorbent column containing bentonite, limestone, zeolite, cockleshell, activated carbon,
and Portland cement (i.e., BAZLSC), which improved the elimination efficiencies of ammonia,
phenols, and molybdenum(VI) to 99.9%. The energy consumption value (8.0 kWh kg−1 N) was
detected at the optimum operating conditions.

Keywords: adsorption; ammonia; electrochemical oxidation; molybdenum; phenols

1. Introduction

Disposal of industrial, agricultural, and municipal waste into lakes and rivers can result
in environmental contamination [1], where various pollutants can have detrimental effects on
human health. Major aquatic pollutants include ammonia, phenol, and heavy metals. Of these,
ammonia nitrogen is one of the most common aquatic pollutants and it contributes to the enhanced
eutrophication of rivers and lakes, depletion of dissolved oxygen, and fish toxicity in gaining
water [2]. Proposed techniques for eliminating ammonia include air stripping, biological reactors,
electrochemical oxidation (EO), ozonation, and adsorption [3,4]. The elimination of ammonia has
attracted considerable attention due to the need to control nitrogen pollution and to prevent the
eutrophication of water sources.

Meanwhile, phenols are among the most toxic contaminants in wastewater, and phenols and
related compounds are prevalent organic contaminants in the wastewater of various chemical plants.
Given the widespread prevalence of phenols in wastewater and their toxicity to human and animal life,
even at low concentrations, their elimination from wastewater is essential. The efficient elimination
of phenols from waste streams has gradually become a major environmental concern [5]. Numerous
methods have been applied to phenol elimination in wastewater treatment, including biological
treatment, reverse osmosis, adsorption, ion exchange, catalytic oxidation, electrochemical oxidation
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(EO), and solvent extraction as common conventional methods for eliminating phenols and the related
organic substances [6].

Finally, among inorganic pollutants, heavy metals have attracted substantial academic attention.
The contamination of water by heavy metals during industrial wastewater disposal is an international
environmental issue, as rapid industrialization worldwide has significantly contributed to the release
of theoretically toxic heavy metals into aquatic systems [7]. Among heavy metals, Mo is highly toxic.
Vital techniques for eliminating metals from water include physical/chemical methods, such as
adsorption and EO.

EO is a physical/chemical method for treating water and wastewater, and its application to
various types of wastewater has been investigated extensively in recent years. The EO process
is a promising wastewater treatment method chiefly due to its effectiveness and the ease of
operation [3]. Electrochemical technology, which represents an advanced oxidation process, is the
most promising method for treating both organic contaminants and heavy metals. Such technology
includes electrodialysis, electrocoagulation, electroflotation, anodic oxidation, and EO [8]. Several
researchers have investigated the treatment of different types of wastewater with EO [9]. The process
of electrochemical degradation can be divided into direct and indirect oxidation procedures. In direct
oxidation, the contaminants are first adsorbed onto the surface of the anode, and then undergo
the electron transfer reaction of hydroxyl radical (•OH) formation, which is followed by strong
oxidative free radical damage of the contaminant molecular structure, and finally, decomposition into
CO2. In indirect electrochemical oxidation, to produce strong oxidizing agents (e.g., hypochlorous
acid/chlorine, ozone, H2O2, etc.), oxidation of contaminants and electrochemical oxidation occurs in
the bulk solution [10]. For example, Chen et al. [8] investigated EO in the treatment of heavy metal
wastewater. They expressed that EO could be effective in removing heavy metals. Meanwhile, Cossu
et al. [11] used Ti/PbO2 and Ti/SnO2 anodes to eliminate ammonia nitrogen and chemical oxygen
demand from landfill leachate by EO, and found that EO could remove a large proportion of chemical
oxygen demand and ammonia.

Researchers often recommend combined techniques to treat the high pollutant concentrations
in industrial wastewater. For example, adsorption is a common wastewater treatment method and
is typically combined with other techniques [12]. Several researchers have investigated the use of
adsorption to treat various types of wastewater [13,14], and several studies [15] have verified that
adsorbents can eliminate considerable amounts of contaminants, especially heavy metals. Numerous
adsorbents, such as activated carbon, limestone, shell, cement, and zeolite, have been studied in the
literature [3,4]. Here, we used a new composite adsorbent, BAZLSC (i.e., bentonite, zeolite, cockleshell,
limestone, activated carbon, and Portland cement) to simultaneously adsorb contaminants and to
perform ion exchange.

In this study, we assessed a novel combination of EO and adsorption techniques to achieve 100%
elimination efficacy. The aims of this research were to (1) evaluate the performance of a combined
system incorporating EO and adsorption to remove ammonia, phenols, and Mo from aqueous solutions,
(2) introduce a novel process, granular BAZLSC adsorption combined with EO, and (3) monitor the
adsorption isotherms during adsorption treatment. There are no reports in the literature of reactors
with the same design as our reactor with such a high performance. In addition, we introduced a novel
composite adsorbent.

2. Materials and Methods

The treatment process in this study was divided into two stages. In the first stage, a synthetic
aqueous solution was treated with EO. Statistical analysis and optimization were performed using
response surface methodology (RSM). In the second stage, water was transferred to a fixed-bed
adsorption column for further treatment. During this process, desorption isotherms were monitored.
Figure 1 presents a schematic diagram of the reactor that was employed in this study.
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2.1. Synthetic Aqueous Solution Production

To created synthetic polluted water, tap water was spiked with three compounds, ammonia
(NH3-N), phenols, and Mo(IV). To create standard solutions of each contaminant, chemical-grade
compounds were dissolved in water to the prescribed concentration. Aqueous ammonia was obtained
by dissolving ammonium hydroxide in water [16]. The phenol had a purity of 99.9% and molecular
mass of 94.11 g/mol based on laboratory analysis [17]. Finally, the standard solution of Mo(IV) was
obtained by dissolving Na2MoO4·2H2O in water [18].

The pH of the influent solution was measured with a pH meter and was adjusted with 0.1 M
NaOH or 0.1 M HCl.

2.2. EO Reactor Characteristics

A reactor with a working capacity of 500 mL, width of 100 mm, length of 100 mm, and height of
80 mm was used for EO. An electrical current was employed via a constant-voltage/current-controlled
DC power source. Ti/RuO2–IrO2 electrodes were employed as the anode and cathode. A plate anode
and plate cathode of the same dimensions (3.5 cm × 3 cm × 1 cm, L ×W × T) were arranged parallel
to each other. Based on preliminary experiments and Koppad et al. [19], who used a distance of 30 mm
between the anode and cathode during wastewater treatment with EO, we set the distance between
the anode and cathode as 30 mm. A magnetic stirrer was placed at the bottom of the reactor for mixing.
The experiments were completed at room temperature. As an electrolyte, 1 g/L of Na2S2O8 added to
the samples before each experiment [3]. The current and voltage were fixed at 50 mA and 7 V, and were
set according to the ranges that were reported by Bashir et al. [3] and Mojiri et al. [12], respectively.

2.3. Statistical Analysis

We computed the elimination effectiveness using Equation (1).

Removal (%) =
(Ci − C f ) 100

Ci
(1)

where Ci and Cf denote the preliminary and final concentrations of the contaminants, respectively.
A three-level factorial design was created with Design Expert ver. 10.0.7 software for the

experimental design and data analysis. The three independent factors in this research were reaction
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time (1, 2, and 3 h), initial contaminant concentration (10, 30, and 50 mg/L), and pH (3, 4.5, and 6).
Ammonia, phenols, and Mo(VI) removal were selected as the response parameters. We performed
preliminary experiments to narrow the ranges of the variables before carrying out the full factorial
experiments, which were based on previous studies. For example, Kearney et al. [20] set the pH to 4 for
ammonia elimination by EO. Meanwhile, Asghar et al. [21] reported that a 1-h contact time was optimal
to treat an aqueous solution by EO. Finally, Xu et al. [22] reported that a 4-h contact time was optimal
for the removal of cyanide from water by EO. In addition, we considered increased and decreased
ranges to improve the accuracy of the results. The three independent factors and their corresponding
levels are presented in Table 1. Equation (2), which is an empirical second-order polynomial model,
considers the performance of the scheme.

Y = β0 +
k

∑
j=1

β jXj +
k

∑
j=1

β jjX2
j + ∑

i

k

∑
<j=2

βijXiXj + ei, (2)

where Y signifies the response; Xi and Xj denote the variables; β0 is a fixed coefficient; βj, βjj, and βij
denote the interface coefficients of the linear, quadratic, and second-order terms, respectively; k denotes
the quantity of considered factors; and, e denotes the error. We used analysis of variance (ANOVA) to
analyze the results using Design Expert.

Table 1. Independent variables of the three-level factorial design.

Level Reaction Time (h) Initial Pollutant Concentration (mg/L) pH

−1 1 10 3
0 2 30 4.5

+1 3 50 6

We selected the initial concentrations of pollutants based on preliminary experiments and a
literature review. For example, Li et al. [23] used 25 mg/L as the initial ammonia concentration during
the application of an electrochemical ion-exchange reactor for ammonia removal, while Peings et al. [24]
used 30 mg/L as the initial phenol concentration for the removal from an aqueous solution by
advance oxidation.

2.4. Fixed-Bed Adsorption Column

After treating the synthetic aqueous solution with an EO reactor, the samples were transferred to
an adsorption column with a water pump for further treatment.

2.4.1. Fixed-Bed Adsorption Column Preparation

Dynamic adsorption was performed in a 5–7-cm glass column filled with a 1-mm composite
adsorbent, BAZLSC. Based on preliminary experiments, the contact time of water with the adsorption
column was set to 10~15 min [25].

2.4.2. Composite Adsorbent (BAZLSC) Preparation

Bentonite, limestone, zeolite, cockleshell, activated carbon, and Portland cement were crushed,
passed through a 300-µm mesh sieve, and then blended to obtain BAZLSC. The mixture was then
carefully poured into a mold after adding water. The materials were removed from the mold after
24 h and immersed in water for approximately two days for the curing procedure. After letting the
materials dry for three days, they were ground and passed through a sieve. Before using BAZLSC in
the experiments, it was dried at 105 ◦C for 24 h. Table 2 and Figure 2 show the structures of the BAZLSC
and x-ray diffraction analysis results, respectively. BAZLSC supported simultaneous adsorption and
ion exchange [11].
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Table 2. Powdered BAZLSC characteristics.

Characteristic Value

Surface area (m2/g) 288.6
External surface area (m2/g) 246.7

Micropore area (m2/g) 61.9
Micropore volume (cc/g) 0.08
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2.4.3. Adsorption Isotherm

Adsorption is the adhesion of atoms, ions, biomolecules, or molecules of gas, liquid, or solids
onto a surface. The adsorption isotherm equation is (Equation (3)):

qe =
(C0 − Ce)V

M
, (3)

where qe represents the sum of the solute adsorbed per unit weight of the adsorbent (mg/g), C0 denotes
the preliminary adsorbate concentration, Ce denotes the equilibrium adsorbate concentration (mg/L),
V denotes the volume of the solution (L), and M represents the mass of the adsorbent (g).

The Langmuir isotherm represents the foundation of a monolayer adsorbate on the outward
surface of an adsorbent. Hence, this isotherm represents the equilibrium spreading of ions between the
solid and liquid phases [26]. Meanwhile, the Langmuir isotherm is suitable for monolayer adsorption
onto a surface comprising a confined quantity of identical positions. The Langmuir equation can be
expressed as Equation (4) [27]:

x
m

=
abCe

(1 + bCe)
, (4)

where x/m denotes the mass of the adsorbate adsorbed per unit mass of adsorbent (mg/g), a and b
denote the empirical fixed, and Ce is the equilibrium concentration of the adsorbate in the solution
after adsorption (mg/L).

The Freundlich isotherm is regularly applied in order to justify the adsorption characteristics of
heterogeneous surfaces [26]. The Freundlich equation can be expressed as Equation (5):

qm = K f C1/n
e , (5)

where Kf is a constant representative of the relative adsorption capability of the adsorbent (mg1−(1/n) L1/n g−1)
and n denotes a constant that is related to the adsorption intensity [28].
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Freundlich and Langmuir isotherms were used to simplify the characteristics of BAZLSC
adsorption. The adsorption isotherms were monitored in batch experiments. First, 20 mg/L of each
contaminant were added to 200-mL beakers containing various concentrations (0–2.5 g/L) of adsorbent.
Then, the beakers were shaken at 200 rpm for 30 min [12].

2.5. Analytical Methods

We followed the Standard Methods for the Investigation of Water and Wastewater [29] to
analyze wastewater. A YSI 556 MPS (YSI Inc., Yellow Springs, OH, USA) was employed to record
the temperature (◦C), pH, electrical conductivity (mS/cm), oxidation–reduction potential (mV),
and salinity (g/L). Inductively coupled plasma optical emission spectrometry (Varian 715; Varian
Inc., Palo Alto, CA, USA,) and a spectrophotometer (HACH/2500; HACH, Loveland, CO, USA) were
used to measure the components of the water. Phenol was tested using a HACH DR/2500 based
on method 8047 and method 2540B, the 4-aminontipyrine method. Ammonia was tested by using a
HACH DR/2500 that is based on method 8190, the Nessler method.

3. Results and Discussion

We investigated the elimination of ammonia, phenols, and Mo from contaminated wastewater
via a combined EO and adsorption method. Tables 1 and 3 show the independent variables of the
three-level factorial design and the response values for the experimental conditions, respectively.
Table 4 presents the statistical results of the response parameters. Figure 3 displays three-dimensional
surface plots of contaminant elimination.

Table 3. Response values under different experimental conditions.

Run Contact Time (h) Initial Concentration (mg/L) pH Ammonia Rem. * (%) Phenols Rem. (%) Mo Rem. (%)

13 0.8 30.0 4.5 74.17 45.17 49.64
6 1.0 10.0 3.0 72.11 51.95 49.87
8 1.0 10.0 6.0 82.62 35.12 40.13
4 1.0 50.0 3.0 69.53 35.11 44.00

11 1.0 50.0 6.0 81.11 28.71 34.18
17 2.0 6.0 4.5 74.31 44.11 46.11
2 2.0 30.0 4.5 77.00 50.86 58.95
3 2.0 30.0 6.3 90.11 33.00 38.00
5 2.0 30.0 2.7 71.17 43.84 47.11
9 2.0 54.0 4.5 72.00 42.92 47.11

10 2.0 30.0 4.5 76.92 49.97 58.74
12 2.0 30.0 4.5 77.11 50.81 59.49
15 2.0 30.0 4.5 77.12 50.57 58.00
16 2.0 30.0 4.5 77.00 50.89 58.76
18 2.0 30.0 4.5 76.93 51.18 59.00
20 2.0 30.0 4.5 76.93 51.11 59.40
22 2.0 30.0 4.5 77.71 50.35 59.10
7 3.0 10.0 6.0 84.13 37.19 43.45

21 3.0 10.0 3.0 73.46 52.17 48.69
14 3.0 50.0 3.0 71.64 41.50 50.13
1 3.0 50.0 6.0 90.95 29.97 37.64

19 3.2 30.0 4.5 73.18 46.18 53.90

* Abbreviation: Rem. means removal.

Table 4. Results of the analysis of variance of the response parameters.

Response Final Equation in Terms of Actual Factor a R2 Adj. R2 Adec. P. SD CV PRESS

Ammonia 94.27 + 1.032A − 12.849C + 1.655C2 0.9422 0.8988 18.19 1.80 2.40 334.32
Phenols 3.532 − 0.039B + 21.99C − 0.008B2 − 3.003C2 0.9297 0.8769 11.68 2.72 6.93 668.22
Mo(VI) −22.835 + 30.369C − 0.013B2 − 3.634C2 0.9202 0.8604 11.98 3.06 6.65 712.52

Abbreviations: R2: Coefficient of determination; Adj. R2: Adjusted R2; Adec. P.: Adequate precision; SD: Standard
deviation; CV: Coefficient of variation; PRESS: Predicted residual error sum of squares; a In the final equations, A is
the electrochemical oxidation reaction time (h), B is the initial concentration of pollutants (mg/L), and C is pH;
Significant at 0.05.

162



Int. J. Environ. Res. Public Health 2018, 15, 1443

Int. J. Environ. Res. Public Health 2018, 15, x 7 of 15 

 

 
(A) 

 
(B) 

Figure 3. Cont.

163



Int. J. Environ. Res. Public Health 2018, 15, 1443

Int. J. Environ. Res. Public Health 2018, 15, x 8 of 15 

 

(C) 

Figure 3. Three-dimensional surface plots of (A) ammonia, (B) phenol, and (C) Mo removal. 

3.1. Ammonia, Phenol, and Mo Removal Using EO 

The lowest elimination efficacy for ammonia was 69.5% (reaction time = 1 h, pH = 3, preliminary 
ammonia concentration = 50 mg/L) and the highest was 90.9% (contact time = 3 h, pH = 6, preliminary 
ammonia concentration = 50 mg/L) (Table 3 and Figure 3). Under the optimum conditions (contact 
time = 3 h, pH = 6, preliminary ammonia concentration = 44.8 mg/L), ammonia removal could reach 
approximately 91.0%. He et al. [30] investigated ammonia removal by EO at pH = 6.5 in the presence 
of Ru–Ir/TiO2 and Na2SO4. They expressed that up to 80% of ammonia could be eliminated and be 
mostly transferred to N2 in a powdered activated carbon (PAC) packed bed reactor under optimum 
conditions (pH = 6.5, I = 0.9 A, 2% Na2SO4, Cl– = 1500 mg/L, and inlet velocity = 0.8 L/h). In addition, 
Ding et al. [31] removed 90% of ammonia using Ti/RuO2-Pt electrodes by the EO method. Similarly, 
Li et al. [23] reported an 89% ammonia removal at an initial concentration of 30 mg/L using a 
vermiculite-packed electrochemical reactor. Overall, the ammonia elimination efficiency in the 
current study was similar to those in previous studies. 

The lowest phenol elimination efficacy was 28.7% (reaction time = 1 h, pH = 6, preliminary 
phenol concentration = 50 mg/L) and the highest was 52.1% (contact time = 3 h, pH = 3.5, initial phenol 
concentration = 10 mg/L) (Table 3 and Figure 3). Under the optimum conditions (contact time = 1.8 h, 
pH = 3, initial phenol concentration = 17.7 mg/L), the phenol elimination rate was approximately 
52.6%. Saratale et al. [32] explored phenol elimination from wastewater by EO and reported an acidic 
pH and a voltage of 5 V for optimum phenol elimination. In addition, Wu et al. [33] investigated 
phenol removal by EO using N2SO4 as an electrolyte. Meanwhile, Tasic et al. [34] used two EO 
methods (direct and indirect oxidation) for the removal of organic contaminants. Direct oxidation of 
contaminants first leads to their adsorption onto the anode surface without the contribution of other 
substances in the solution, except for electrons, which are considered to be pure reagents. Direct 
electro-oxidation is ideally possible at low potential values before oxygen evolution, but the reactions 
are often slow and dependent on the electrocatalytic activity of the anode. Rapid electrochemical 
reaction is achieved while using noble metals and anodes that are based on metal oxides (e.g., IrO2, 
TiO2-Ru, and Ir-TiO2) for phenol elimination using the electrochemical technique. Two responses are 
probable for the direct anodic oxidation of organic pollutants [35]. 

Figure 3. Three-dimensional surface plots of (A) ammonia, (B) phenol, and (C) Mo removal.

3.1. Ammonia, Phenol, and Mo Removal Using EO

The lowest elimination efficacy for ammonia was 69.5% (reaction time = 1 h, pH = 3, preliminary
ammonia concentration = 50 mg/L) and the highest was 90.9% (contact time = 3 h, pH = 6, preliminary
ammonia concentration = 50 mg/L) (Table 3 and Figure 3). Under the optimum conditions (contact
time = 3 h, pH = 6, preliminary ammonia concentration = 44.8 mg/L), ammonia removal could
reach approximately 91.0%. He et al. [30] investigated ammonia removal by EO at pH = 6.5 in the
presence of Ru–Ir/TiO2 and Na2SO4. They expressed that up to 80% of ammonia could be eliminated
and be mostly transferred to N2 in a powdered activated carbon (PAC) packed bed reactor under
optimum conditions (pH = 6.5, I = 0.9 A, 2% Na2SO4, Cl– = 1500 mg/L, and inlet velocity = 0.8 L/h).
In addition, Ding et al. [31] removed 90% of ammonia using Ti/RuO2-Pt electrodes by the EO method.
Similarly, Li et al. [23] reported an 89% ammonia removal at an initial concentration of 30 mg/L using a
vermiculite-packed electrochemical reactor. Overall, the ammonia elimination efficiency in the current
study was similar to those in previous studies.

The lowest phenol elimination efficacy was 28.7% (reaction time = 1 h, pH = 6, preliminary phenol
concentration = 50 mg/L) and the highest was 52.1% (contact time = 3 h, pH = 3.5, initial phenol
concentration = 10 mg/L) (Table 3 and Figure 3). Under the optimum conditions (contact time = 1.8 h,
pH = 3, initial phenol concentration = 17.7 mg/L), the phenol elimination rate was approximately
52.6%. Saratale et al. [32] explored phenol elimination from wastewater by EO and reported an acidic
pH and a voltage of 5 V for optimum phenol elimination. In addition, Wu et al. [33] investigated phenol
removal by EO using N2SO4 as an electrolyte. Meanwhile, Tasic et al. [34] used two EO methods (direct
and indirect oxidation) for the removal of organic contaminants. Direct oxidation of contaminants first
leads to their adsorption onto the anode surface without the contribution of other substances in the
solution, except for electrons, which are considered to be pure reagents. Direct electro-oxidation is
ideally possible at low potential values before oxygen evolution, but the reactions are often slow and
dependent on the electrocatalytic activity of the anode. Rapid electrochemical reaction is achieved
while using noble metals and anodes that are based on metal oxides (e.g., IrO2, TiO2-Ru, and Ir-TiO2)
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for phenol elimination using the electrochemical technique. Two responses are probable for the direct
anodic oxidation of organic pollutants [35].

(a) Electrochemical conversion, where the organic complexes are partly oxidized, according to the
reaction (Equation (6)):

R→ RO + e− (6)

(b) Electrochemical combustion, where the organic complexes break down into CO2, water, and
other inorganic complexes (Equation (7)):

R→ CO2 + H2O + Salt + e− (7)

The lowest elimination effectiveness for Mo was 34.1% (reaction time = 1 h, pH = 6, initial Mo
concentration = 50 mg/L) and the highest was 59.4% (contact time = 2 h, pH = 4.5, initial Mo concentration
= 30 mg/L) (Table 3 and Figure 3). Under the optimum conditions (contact time = 2.4 h, pH = 4.1,
initial Mo concentration = 28.5 mg/L), the Mo removal rate was approximately 59.5%. Tran et al. [36]
investigated metal elimination from an aqueous solution by the EO method at a voltage of 10 V. Their
investigation showed a high performance in removing metals, but the selected voltage (10 V) and reaction
time (20 h) were higher than the our findings.

In electrochemical treatments, the two methods for the elimination of contaminants in the presence
of Na2S2O8 (as an electrolyte) are as follows:

(i) Direct oxidation, where metal cations (commonly heavy metals) are reduced at the cathode and
organic contaminants are oxidized at the anode even without the connection of other chemical
reagents [37].

(ii) Indirect electrolysis, where the concentration of Na2S2O8 hastens the mineralization of organic
compounds. In general, reasonable concentrations of Na2SO4 accelerate the mineralization of
organic matter via indirect oxidation, as shown in the following reactions [38]; however, it should
be mentioned that some researchers have applied heat or ultraviolet light + heat in order to
improve the persulfate oxidation ability of phenols [39].

The probable reactions occurring at the anode, cathode, and in the bulk material are shown below
(Equations (8)–(15)) [40].

At the anode (oxidation):

SO4
2− + 2OH− ↔ SO4

2− + 2e− + H2O (8)

SO4
2− ↔ S2O8 + 2e− (9)

4OH− ↔ O2 + 2H2O + 4e− (10)

At the cathode (reduction):
H2O↔ H+ + OH− (11)

2H2O + 2e− ↔ H2 + 2OH− (12)

HSO4
− + OH◦ ↔ SO4

−◦ + H2O (13)

SO4
−◦ + SO4

−◦ ↔ S2O8
2− (14)

Organics + S2O8
2− → intermediates→ H2O + CO2 + ↑A◦ (15)

Figure 3 shows the pollutant removal under different pH conditions, initial pollutant
concentrations, and contact times, and has been extracted based on the information in Tables 3
and 4. Figure 3A shows the effect of the operational parameters on ammonia elimination. Ammonia
elimination increased with increasing initial concentration, pH, and contact time. With an influent pH
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of 6, initial concentration of 50 mg/L, and contact time of 90 min, the maximum ammonia removal
was 90.95%. Figure 3B shows the effects of the variables on phenol elimination. Phenol elimination
increased with an increasing initial concentration until 30 mg/L, pH until 3, and contact time until 2–3 h.
Finally, Figure 3C displays the effects of the independent factors on Mo elimination. Mo elimination
increased with increasing initial concentration until 30 mg/L, pH until 4.5, and contact time until 2 h.

3.2. Energy Consumption (EC; kWh/kg N)

EC (kWh kg−1 N) at optimum condition was calculated by Equation (16) [41]. EC states to the
electrochemical treatment cost. The EC value was 8.0 (kWh kg−1) at the optimum operating conditions.
Christiaens et al. [41] reported EC = 13.9 (kWh kg−1) during electrochemical ammonia recovery. EC in
this contemporary research is lower than them, it displays the combined system could diminish
energy consumption.

EC =
UIt

(N0 − Nt)V
, (16)

where, N0 and Nt present N at initial time and set time; U, I and t are voltage, current (A), and time (h),
respectively; and, V is volume (L).

3.3. Ammonia, Phenol, and Mo Removal Using an Adsorption Column

The synthetic aqueous solution was initially treated in the EO reactor under the optimal conditions
before being transferred to an adsorption column for the second stage of treatment. The performance
of EO combined with adsorption enhanced the elimination efficiencies of ammonia, phenols, and Mo
from 79.4% to 99.9%, 48.0% to 99.9%, and 55.9% to 99.9%, respectively. The composite adsorbent
used in this study simultaneously performed adsorption and ion exchange, and it was produced
from effective, low-cost materials, such as bentonite, zeolite, activated carbon, cockleshell, cement,
and limestone. For example, Mazloomi and Jalali [42] reported that zeolite can be used to eliminate
NH4

+ from domestic and industrial wastewater. Meanwhile, Halim et al. [14] reported that activated
carbon is effective in removing ammonia. Finally, Haseena et al. [43] investigated the potential use of
bentonite in eliminating ammonia from aqueous solutions. Based on the literature [44], we speculated
that bentonite and zeolite could be used to remove phenols and metals from water, which was verified
by the results. As noted above, the composite adsorbent BAZLSC can perform ion exchange and
adsorption, since it contains bentonite, zeolite, limestone, shell, cement, and activated carbon [45].
This has been confirmed in equilibrium and adsorption studies of composite adsorbents [46].

3.4. Adsorption Isotherms of Pollutant Removal by the Composite Adsorbent

Table 5 and Figure 4 show the Langmuir equation and isotherm regression for ammonia, phenols,
and Mo, respectively.

Table 5. Langmuir equation for ammonia, phenols, and Mo.

Parameter Q (mg/g) b (L/mg) R2

Ammonia 1.027 0.240 0.9333
Phenols 0.554 0.087 0.8696

Mo 0.874 0.45 0.8051
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The adsorption capacities (Q, Table 5) of ammonia nitrogen, phenols, and Mo were 6.198, 3.86,
and 5.44 mg/g, respectively. Based on a study by Mojiri et al. [7], we determined that the composite
adsorbent could reach Q = 0.70 mg/g for Fe adsorption. The energy of adsorption (b, Table 5) for ammonia
nitrogen, phenol, and Mo removal were 0.240, 0.087, and 0.045 L/mg, respectively. By increasing the
efficacy of elimination (i.e., increased Ce values), the value of x/m decreased [4]. Finally, the regression
coefficient (R2, Table 5 and Figure 4) was 0.9333, 0.8696, and 0.8051 for ammonia, phenols, and Mo,
respectively. Similar values for R2 have been reported for ammonia by zeolite, activated carbon,
and composite adsorbent [14]. Moreover, similar R2 values have been reported for phenol adsorption
using granular activated carbon and Mo adsorption while using Pb–Fe-based adsorbent [47].

The Freundlich capability factors (Kf, Table 6) for ammonia, phenol, and Mo elimination were
0.014, 0.063, and 0.028 (mg/g (L/mg)1/n), respectively. The R2 values were 0.9795, 0.9641, and 0.9266
for ammonia, phenols, and Mo, respectively (Table 6 and Figure 5). These collective results indicated
that the Freundlich isotherm is more suitable than the Langmuir isotherm for describing ammonia,
phenol, and Mo removal by the adsorption column. Finally, greater capacities for adsorption are
indicated by higher K values [7]. The collective 1/n values for ammonia, phenol, and Mo were 12.458,
3.1217, and 6.3689, respectively.

Table 6. Freundlich equation for ammonia, phenols, and Mo.
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4. Conclusions 

In this study, we successfully removed ammonia, phenols, and Mo from aqueous solution via 
combined EO and adsorption column. RSM was used to design the experiments. The key outcomes 
of this research indicate that the EO reactor could remove 79.4%, 48%, and 55.9% of ammonia, 
phenols, and Mo, respectively, under optimum conditions (contact time = 2.4 h, pH = 4.9, initial 
pollutant concentration = 27.4 mg/L), with a fixed current and voltage of 50 mA and 7 V, respectively. 
Next, the water was moved to an adsorption column filled with a composite adsorbent, BAZLSC. 
Adsorption improved the removal efficiency to 99.99% for ammonia, phenols, and Mo(VI). Finally, 
adsorption isotherm analysis revealed that the adsorption of ammonia, phenols, and Mo by BAZLSC 
followed the Freundlich isotherm equation better than the Langmuir isotherm equation. More 
investigation about using different adsorbents, different electrolytes, and electrolytes function would 
be considered in future studies. 
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Abstract: This paper from the field of environmental chemistry offers an innovative use of sorbents in
the treatment of waste industrial water. Various industrial activities, especially the use of technological
fluids in machining, surface treatment of materials, ore extraction, pesticide use in agriculture, etc.,
create wastewater containing dangerous metals that cause serious health problems. This paper
presents the results of studies of the natural zeolite clinoptilolite as a sorbent of copper cations.
These results provide the measurement of the sorption kinetics as well as the observed parameters
of sorption of copper cations from the aquatic environment to the clinoptilolite from a promising
Slovak site. The effectiveness of the natural sorbent is also compared with that of certain known
synthetic sorbents.

Keywords: wastewater; environment; copper cations; sorption; zeolites

1. Introduction

Heavy metals and their compounds endanger the environment as no method yet exists which
provides a natural method for their decomposition. The predominant instruments for EU legislation
which regulates pollution reduction of the aquatic environment is Council Directive 76/464/EEC
on pollution, which was precipitated by certain dangerous substances discharged into the aquatic
environment, as well as Council Directive 98/83/EC, which refers to the quality of drinking water.
In wastewater treatment plants, heavy metal ions are removed through a number of methods, including
oxidation-reduction reactions, by coagulation and sedimentation, magnetic separation, activated
carbon sorption, ion exchange within ion exchangers, and biochemical methods which use algae [1–3].

Currently, research is focused on three areas: (1) the application of natural and modified zeolite
composites, (2) the use of natural materials that are more affordable than synthetic ones, and (3) the
reduction of metal in water [3–5]. Copper is an essential element found in metalloenzymes, but it
affects living organisms toxically at higher concentrations. Therefore, it is important to monitor
the concentration of this element in water and, in cases of increased concentrations, its necessary
adjustment. Conventional chemical methods can be costly, as they require the use of several chemicals;
a further disadvantage is the production of waste by-products. Therefore, it is preferable to attach
copper in the form of its cations to sorbents. Several types of synthetic zeolites are suitable for this
purpose; however, their cost is disadvantageous in comparison with natural zeolite. Their sorption and
ion exchange capabilities, which derive from their inherent structure, are interesting for the purposes
of cleaning water. An uptake of zinc (Zn), copper (Cu), and lead (Pb) from aqueous solutions by ion
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exchange on natural zeolitic tuff has been studied. The Croatian zeolite clinoptilolite from the Donje
Jesenje deposit has been used as a natural ion exchanger. The efficiency of removal is higher for Pb
and Cu than for Zn ions [5].

According to the literature, the sorption method used in water treatment processes has recently
become a dominant method, especially in the use of locally available, economically undemanding,
and natural materials. Such materials include natural zeolites, which, because of their chemical
composition, represent inorganic alumino silicate cation exchangers. As a carrier matrix, zeolite has the
necessary component to meet the demanding criteria to produce new composite materials. In contrast
to amorphous organic ion exchangers, natural zeolites have a solid skeleton comprising silicon and
aluminium polyoxides. Additionally, natural zeolites have a sufficiently large adsorption surface
and are hydrophilic, polar, micro-porous, semi-resistant to thermal and radiation effects, affordable,
and exhibit lower abrasive properties than activated carbon, which predisposes them to an appropriate
hydrodynamic use in practice [6,7].

The three-dimensional zeolite structure consists of a regular arrangement of tetrahedral [SiO4]−4

and [AlO4]−5. In the [SiO4]−4 tetrahedra network, part of the silicon atoms is replaced isomorphically
by aluminum atoms. The negative charge of the formed zeolitic grid is compensated by cations that
are located in extra-grid positions. These are most often cations of the alkali metals and alkaline
earth metals [6,8–21]. These cations can be replaced by other cations with the use of sorption and ion
exchange. Natural zeolites are hydrated alumino-silicates, which are characterized by their ability
to sorb heavy metal cations from aqueous solutions. Cations are immobilized on the zeolite by two
mechanisms: ion exchange and chemisorption [22]. In this way, as in other micro-porous materials,
the ion exchange sorption between the components of the liquid and solid phases is carried out
according to the surface diffusion and the internal diffusion mechanism.

The application possibilities of natural zeolites ensue from their specific physicochemical
properties, such as ion exchange, sorption, and the molecular sieve properties derived therefrom.
Concurrently, the properties of natural zeolites offer possibilities of dehydration and hydration as
well as the silicate structure itself, not to mention the micron dimensions of crystals with highly active
specific surface areas. In terms of practical use, clinoptilolite deposits offer numerous interesting
potential uses, for example, in the purification of gases, in the treatment of contaminated waters, and in
agriculture regarding the neutralization of acidic soils. The ability of ion exchange and adsorption
properties implicate a use of natural zeolites as effective carriers of herbicides, pesticides, as well as
mineral fertilizers. After thermal activation, clinoptilolite has a relatively high sorption capacity for
several gases, such as NH3, CO2, H2S, SO2, and NOx [23]. In the United States and Japan, several water
treatment stations use clinoptilolite for the protection of drinking water sources. The use of natural
clinoptilolite for the removal of ammonium ions from water is also well known. After its regeneration
by diluted sulphuric acid, an ammonium sulphate is obtained, which can be used as a fertilizer.
In several locations around the world, clinoptilolite has demonstrated its ability to capture radioactive
elements. In this respect, natural zeolites are also used for the purification of low-activity liquid wastes
from nuclear power plants, predominantly for the capture of radioactive strontium and radioactive
cesium. Zeolites have a high affinity for cesium. After the modification of natural clinoptilolite by the
solution of cations of metals, clinoptilolite acquires catalytic properties and, accordingly, is used for
the purification of gases [24].

The latest water treatment technologies comprise sorption on a solid layer. The sorption isotherm
and the kinetic evolution of sorption must be known for the design of the cleaning process arrangement.
This article represents a laboratory experiment for the determination of sorption parameters of sorption
of cupric cations on natural zeolite-clinoptilolite, which is a low-cost and environmentally friendly
sorption material. Experimental data obtained from equilibrium tests were analyzed using the
Freundlich model.
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2. Materials and Methods

2.1. Properties of Used Clinoptilolite

We tested the natural zeolite clinoptilolite, which was acquired at the Nižný Hrabovec site,
to investigate the possibility of replaceing synthetic zeolites with natural ones. This Slovak deposit is
economically significant, with annual mining output ranging from 40 to 50 thousand tons. Reserves of
approximately 9,500,000 tons ensure the long-term availability of this natural material.

Clinoptilolite is a potassium—calcium type mineral with a pore size of 0.3–0.4 nm. Clinoptilolite
composition is expressed by the formula [8]: (Na, K)4 Ca (Al6 Si30 O72) × 24 H2O.

Chemical and physical properties of the clinoptilolite are presented in Tables 1–3.

Table 1. Clinoptilolite chemical composition [25].

Compound Content Compound Content

SiO2 65–71.3% Fe2O3 0.7–1.9%
Al2O3 11.5–13.1% MgO 0.6–1.2%
CaO 2.7–5.2% Na2O 0.2–1.3%
K2O 2.2–3.4% TiO2 0.1–1.3%
P2O5 0.02% Si/Al 4.5–5.4%

Table 2. Ion exchange properties [25].

Cation Overall Interchange [mol·kg−1]

Ca+2 0.64–0.98
Mg+2 0.06–0.19

K+ 0.22–0.45
Na+ 0.01–0.19

Table 3. Physical properties [25].

Physical Property Value

Temperature of softening 1 260 ◦C
Temperature of fusion 1 340 ◦C

Stability in acids 79.50 ◦C
Density 2200–2440 kg·m−3

We compared this natural material with several types of synthetic zeolites with respect to the
cupric cation sorption, specifically, with nalsite, calcite, and y-site. Nalsite is a synthetic zeolite of the
type 4 A with a pore size of 0.4 nm. Its chemical composition in a dehydrated state is expressed by the
formula: Na2O·Al2O3·2 SiO2. Calsite is a synthetic zeolite of the type 5 A with a pore size of 0.5 nm.
Its chemical composition in the dehydrated state is expressed by the formula: CaO·Na2O·Al2O3·2 SiO2.
Y-site is a synthetic zeolite of the Y type with a pore size of 0.9 nm. Its chemical composition in the
dehydrated state is expressed by the formula: Na2O·Al2O3·4.5SiO2 [12,14]. Synthetic zeolites are at
low pH (pH ≤ 3) subjected to hydrolysis and elution of alumina from the skeleton, offering a use case
for natural clinoptilolite in industrial practice.

For a quantitative determination of the concentration of copper cations in aqueous solution at
precise time intervals, absorption photometry was applied with the use of the equipment Optima
DIGITAL COLORIMETER Model AC 114 (Optima, Tokyo, Japan). Measurements were realized
at a wavelength of 620 nm using the calibration curve method. For plotting the calibration curve,
we used a set of standard solutions with the concentration of copper cations ranging from 2.50 to
9.05 g·dm−3. After addition of ammonia with ammonium ion, the copper produced a blue-violet
complex composition [Cu(NH3)4]2+. For determination of the absorption maximum of this complex,
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we plotted the graphical dependence A = f (L) using a standard solution. Accordingly, we determined
the adsorption maximum for the wavelength L of 620 nm. The analytical measurement of concentration
of copper cations was based on the construction of the calibration curve in dependence on the
absorbance from the concentration of the standard A = f (c).

Determination of dependence of the sorbed quantity on the sample concentration in the solution
was performed by the method of the container experiments. To the weighed samples of sorbent
(natural clinoptilolite) of 50 g, the same volume (0.1 dm3) of an aqueous solution of copper cations
was added. For this model, we used samples with an initial mass concentration of 2.56 g·dm−3,
4.95 g·dm−3, 6.72 g·dm−3, 7.05 g·dm−3, and 8.55 g·dm−3. The samples were mixed and, at regular
one-hour intervals, the concentration of copper cations was measured photometrically in the aken
liquid phase. With the liquid phase, we also took the equivalent amount of the sorbent. On the
basis of the measured values, the sorbed quantities were calculated for the individual time intervals.
The measurements were performed until achievement of the equilibrium state, i.e., the state when the
concentration of copper cations in the solutions ceased to change. The experiment was performed three
times, with a standard deviation of 1.0049 calculated for the measured equilibrium concentrations.

2.2. Sorption of Cupric Cations from Aquatic Solutions

The process of sorption of a chemical substance from solution to solid matter can be expressed as
a result of the reversible reaction, sorption and desorption, which achieves the resulting equilibrium
between the concentrations of the chemical substance in both phases. This process is studied by
evaluating the equilibrium concentration of a chemical substance in the sorbent as a function of the
total equilibrium concentration in solution at a given temperature. This dependence is expressed by
isotherms. The efficiency of the sorption of soluble matters on the solid matrix to the aqueous solution
is most often expressed by the effective distribution coefficient KR, which is the slope of a straight
line of the linear sorption isotherm and which gives the share of the sorbed amount of the substance
in the solid phase (cs) to its equilibrium concentration in the solution (cr) during the equilibrium
state [26,27]. This parameter is a quantitative indicator of substance distribution between the solid
and liquid phases KR = cs/cr [28,29]. The amount of the sorbed substance per sorbent unit increases
linearly with the increasing concentration at low surface coverage, under three assumptions that must
be met. The sorption energy must be the same for all sorption sites and it must be independent of the
degree of coverage; sorption should take place only at localized sorption sites and without interaction
between the sorbed molecules, the sorption capacity being a one-layer coating [30].

Assuming that the sorbed substance reaches the sorbent surface by molecular diffusion through a
boundary diffusion layer, it is possible to generally express the concentration of the sorbed substance c
at a time t by the Equation (1) [30].

c =
λ·cr − β·eρ·t

λ − e−ρ·t (1)

where λ, β, ρ are constants that are obtained from the measured values of concentration for individual
time intervals (“β” and “λ” have a concentration dimension, “ρ” has a dimension of reciprocal value
of time, c0 is the initial concentration of copper cations in solution, cr is the equilibrium concentration
of copper cations in the solution).

λ =
c0 − β

c0 − cr
(2)

where:
β =

2·γ·c1 − c0 − c2

γ − 1
− cr (3)

γ =
(c0 − cr)·(c2 − cr)

(c1 − cr)
2 (4)

ρ =
1
t
· ln

(c0 − cr)·(c − β)

(c0 − β)·(c − cr)
(5)
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3. Results and Discussion

Measurement Results and Their Evaluation

Laboratory measurements were focused on the sorption of cupric cations from the aquatic
environment. The kinetic course of sorption of cupric cations on natural sorbent-clinoptilolite with
a grain size of 2.5–5 mm (Figure 1) and on synthetic zeolites was investigated. From the measured
concentration values, the efficiency of the individual sorbents was calculated. On the basis of the
measured concentrations of cupric cations in solution, the effective distribution coefficients were
calculated for individual sorbents. The degree of cleaning of the contaminated water was evaluated
using the sorption efficiency parameter expressed as a percentage.
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Figure 1. Zeolite clinoptilolite with a grain size from 2.5 to 5 mm.

In individual types of sorbents, the influence of duration of contact on sorption of cupric cations
was recorded within 48 h. To define the time required to achieve chemical equilibrium, a dependence
of the sorbent quantity on the duration of contact of the sorbent with sorbate was investigated.
Individual types of sorbents weighing 50 g were used for the experiments. The sorbents were exposed
to an aqueous solution of cupric cations with a volume of 0.25 dm3 with an initial concentration of
2.54 g·dm−3. In individual samples of sorbents, samples of solutions were taken at the exact time
intervals until equilibrium was reached for analytical determination of the content of cupric cations.
On the basis of the analysis, the sorption evolution with the use of individual sorbents was established
(Table 4).

Table 4. The process of sorption in sorbents.

Time (h)
Clinoptilolite

Sorbed Amount (g·dm−3)

Y-Site Nalsite
Sorben Calsite

1 1.03 2.42 2.22 2.54
2 1.42 2.53 2.29 0
3 1.73 0 2.38
24 1.96 0
48 2.2
72 2.2

The measured results show that, as a result of the sorption of cupric cation, the most rapid
reduction of cations was on the nalsite, where the sorption capacity had been exhausted during the first
hour. In terms of sorption rate, the second most rapid reduction was calsite, in which the reduction in
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concentration to almost zero was recorded after 120 min. Y-site was the third most rapid according
to the sorption rate. Clinoptilolite, with sorption equilibrium for this sorbent, was reached after
48 h and showed the slowest sorption rate. The highest efficacy was recorded both in nalsite, which,
after 60 min, showed 100% efficiency, and in calsite, with a reduction of cupric cations to 5% of the
original concentration after one hour. Total efficacy at steady state was 94%. The efficiency of the y-site
at steady state was 92%, and, after the first hour, the concentration of cupric cations was reduced to
13% of the original concentration. On the natural zeolite clinoptilolite, after the first hour, the cupric
cations fell to 60% of the original concentration; the efficiency after 48 h was 81%. The efficacy was
calculated by the formula η = (c1 − c2/c1)·100 where c1 is the initial concentration of cupric cations in
the solution and c2 is the concentration of cupric cations in steady-state solution.

The effective distribution coefficients recorded at steady state for the compared sorbents are
presented in Table 5.

Table 5. Effective distribution coefficients calculated for various types of sorbents in the concentration
of cupric cations of 2.54 g·dm−3.

Type of Zeolite cs cr KR

Calsite 2.40 0.137 17.5
Y-site 2.35 0.182 5.5

Nalsite 2.54 0 2.54
Clinoptilolite 2.03 0.508 4.0

The results indicate the advantage of synthetic zeolites in comparison with natural clinoptilolite
according to their faster evolution of sorption and higher efficiency. In contrast, the natural zeolite, due to
its rich deposits, is more affordable. As a comparison, we provide the relative prices of individual sorbents:
clinoptilolite-0.078 euro/kg, nalsite-4.813 euro/kg, calsite-5.411 euro/kg, and y-site-9.892 euro/kg.
On the basis of these facts, we focused our subsequent experiments on clinoptilolite.

In the case of clinoptilolite, the constants were calculated from the measured concentration values
for individual time intervals and were then used for the searched relationship c = f (t). The values
required for the calculation of the constants for the Equation (1) as well as the calculated values of the
concentration of cupric cations in the solution are provided in Table 6.

Table 6. Temporal change of cupric cations and calculated parameters.

t (min) cm (g·dm−3) σ (min−1) cv (g·dm−3)

60 1.524 0.00301 1.21
120 1.143 0.0029 0.874
180 0.82 0.0039 0.729

1440 0.601 0.0112 0.508
2880 0.508 0.508

For the calculation of the constants, an average value ρp = 0.0053 was used. The searched relation
c = f (t) was according to the Equation (1) with the use of the calculated constants according to
the following

cv =
0.508·1.234 − 0.02·e−0.0053·t

1.234 − e−0.0053·t (6)

Standard deviation calculated according to the relation [27,30–34] had the value of 0.6.

S =

√
∑(cm − cv)

2

n − 2
(7)
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Figure 2 shows the experimentally determined values and the curve fitted to them, for which the
parameters were calculated according to the Equation (6).Int. J. Environ. Res. Public Health 2018, 15, x 7 of 12 
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Further laboratory measurements were aimed at the evolution of the adsorption isotherm of
sorption of cupric cations on the natural zeolite clinoptilolite with a grain size of 2.5–5 mm from
Nižný Hrabovec. For the sorption of cuprous cations, we used model solutions with an initial
weight concentration of c0 2.56 g·dm−3, 4.95 g·dm−3, 6.72 g·dm−3, 7.05 g·dm−3, and 8.55 g·dm−3.
For determination of the time required to achieve balance in the system, we monitored the dependence
of the sorbed quantity from the moment of contact of the sorbent with the adsorbate at a temperature
of 25 ◦C. The results were processed graphically and mathematically with the use of the Freundlich
adsorption isotherm. The evolution of sorption for all model samples was monitored at precise
one-hour time intervals.

With prolonged contact time of the sorbent with the solution, the concentration of the cupric
cations in solution asymptotically approached the equilibrium concentration cr. The quantity of
absorbed cupric cations was calculated according to the Equation (8) [27,31–33] as the difference
between the initial concentration of c0 and the concentration in solution in the equilibrium state cr,
where a is the sorption capacity [mg·g−1], V is the volume of the solution, and m is the sorbent mass.

a =
c0 − cr

m
·V (8)

To analyze the equilibrium experimental data for adsorption, the Langmuir or Freundlich
isothermal models were used. The Langmuir isothermal model is based on the assumption that
the surface areas of the adsorbent are homogeneous, and that the maximum adsorption is limited
to covering the surface of the monolayer; in contrast, the Freundlich isothermal model is based on
the assumption of heterogeneous surface areas and multilayer surface coverage. If the dependence
a = f (cr) can be expressed by the equation

a =
am·b·cr

1 + b·cr
(9)
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The experimentally obtained values were plotted with the coordinates Xi = cr,i, Yi = cr,i/ai to
create a line. The Freundlich isotherm assumes that the adsorbate concentration on the surface of the
adsorbent increases with the increase in adsorbate concentration. This isotherm is based on sorption
on a heterogeneous surface, which is expressed by an exponential equation [9,30].

If the Freundlich isotherm satisfies the expression of the dependence a = f (cr), it is possible to
fit the line with the experimental values plotted in the coordinates X = log cr, Y = log a. From the
obtained values of the angular coefficient of this line and from the section of the line on the Y-axis, it is
possible to calculate the sought constants of the Freundlich isotherm. The experimentally obtained
and calculated parameters are presented in Table 7.

Table 7. Obtained experimental parameters.

cr (mg·dm−3) a (mg·g−1) log cr log a c0 (g·dm−3)

200 4.9 2.3 0.6148 2.56
300 6.18 2.47 0.79 4.95
700 11 2.8 1.04 6.72
800 12 2.9 1.079 7.05
820 15.7 3.07 1.2 8.55

The experimentally measured and computed values plotted at coordinates X = cr,i, Y = cr,i/ai did
not conform to a straight line. For this reason, it was not possible to describe the dependence a = f(cr)
by the Langmuir equation. We constructed the straight line after having calculated the logarithm of
the quantities a and cr and their plotting in coordinates X = log cr, Y = log a. For the calculation of the
searched quantities, we adopted the Freundlich model.

Assuming an adsorption on a non-homogeneous adsorption surface, a Freundlich adsorption
isotherm was used with the following form [9,27,32–38]:

a = K·c1/n
r (10)

where K and n are Freundlich constants, which indicate the adsorption capacity of the adsorbent and
the adsorbent adsorbate affinity. Graphical representation of the Freundlich adsorption isotherm is
shown in Figure 3.
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The constant values of the isotherm are determined by the least squares method and from the
linearised Freundlich equation:

log a = log K +
1
n
· log cr (11)

The logarithmic shape of the isotherm is shown in Figure 4.Int. J. Environ. Res. Public Health 2018, 15, x 9 of 12 
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Figure 4. Logarithmic shape of the Freundlich isotherm.

The constant values of the isotherm are determined by the least squares method. By this method,
we calculated for the constant, K, a value of 5.012 and for q a value of 0.67.

n = 1/k = 0.23

K = 10q = 100.67 = 5.012

Accordingly, the isotherm shown in Figure 2 can be expressed by the equation

a = 5.012 · Cr
1/0.23.

The Freundlich isotherm [3] assumes that the adsorbate concentration on the surface of the
adsorbent increases with an increase in the concentration of solution. Our experiment confirms
this. This finding is consistent with the results of the experiments performed by the cited authors.
An increase in a concentration generally results in an increase in the amount of copper adsorbed and
the rate of adsorption. According to the results obtained by Zendelska et al., the adsorption capacity
will increase with an increase in initial concentration until the system reaches a saturation point [38].

Because dependence of the sorbed quantity on the equilibrium concentrations in the logarithmic
form was linear, the measured sorption isotherm conformed to the Freundlich sorption isotherm.

Adsorption isotherms tested under laboratory conditions can be used for preliminary investigation
as to the potential technological use of natural zeolite in the sewage water treatment process.
The isotherm parameters were calculated with the use of experimental results of the sorbed copper
cations per gram of sorbent versus their equilibrium concentrations in solution. We compared the
sorption capacity calculated for the sample of the natural zeolite used in our experiment with the
sorption capacity determined in previous experiments [39]. In the case of monoionic form of sodium,
a sample of approximately the same initial concentration, the sorption capacity of the unmodified
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sample reached half the capacity of the modified sample. When a natural sample was used, we reached
equilibrium after 24 h; in contrast, with the modified sample, we reached equilibrium in three hours.

Peric et al. [5] observed the sorption behaviour of Zn, Cu, and Pb on the natural zeolite
clinoptilolite from Croatia. Their results show that ion exchange capacity for Cu and Pb is twice
the size of Zn under the same experimental conditions, when equilibrium for Cu was achieved after
72 h. In light of these facts and the results obtained, the sorption-ion-exchange method using the natural
clinoptilolite is an efficient process for removing heavy metal ions from wastewater containing lower
concentrations of contamination. To accelerate this process, it is appropriate to modify the natural
clinoptilolite, for example, into the Na-form. According to the results obtained by Holub et al. [40],
the sorption of copper cations can also be influenced by the sorbent grain size. More favourable results
were obtained with the use of natural clinoptilolite of smaller granularity. Butnariu et al. [41] observed
the effects of the sorption of environmental applications by various source materials of natural organic
matter. The results suggest a potential for obtaining efficient and cost-effective engineered natural
organic sorbents for environmental applications.

4. Conclusions

In emergency situations, the principle of chemical reactions, such as precipitation, can be used
for immediate reduction of concentrations of cations of heavy and toxic metallic elements in water.
However, it is required that the elimination of ongoing and prolonged contamination is performed
by inexpensive concentration-reducing methods. This creates an opportunity for the use of natural
zeolites. Although these have a lower sorption rate in comparison with synthetical zeolites, they are
much cheaper. The Zeolite-based sorption technology does not require significant space or the use of
expensive chemicals. Because this is a natural and easily accessible material, it is assumed that this
method could be used in the future in greater extent for cleaning water from cupric cations and from
other heavy metals in process plants where high rates of cleaning are not required.

On the basis of the above results, the ability of adsorbent based on the natural zeolite to remove
cupric cations from the aqueous environment was confirmed, while sorption capacity of the sorbent
increased with the initial concentration of cupric cations in the aqueous solution. We described the
evolution of the sorption process by the Freundlich isotherm.

The contact filtration through a suitable material represents an economically acceptable and
undemanding technology for removing cupric cations from water. The acquired findings of basic
research on specific natural sorbents can, in perspective, provide an important information for
technological processes of water purification. The use of sorbents in water purification processes can
help the efforts to increase water reserves through a safe re-use of wastewater.
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Abstract: This work investigates the influence of ammonium ions and the organic load (chemical
oxygen demand (COD)) on the UV/chlorine AOP regarding the maintenance of free available chlorine
(FAC) and elimination of 16 emerging contaminants (ECs) from wastewater treatment plant effluent
(WWTE) at pilot scale (UV chamber at 0.4 kW). COD inhibited the FAC maintenance in the UV
chamber influent at a ratio of 0.16 mg FAC per mg COD (kHOCl–COD = 182 M−1s−1). An increase
in ammonium ion concentration led to a stoichiometric decrease of the FAC concentration in the
UV chamber influent. Especially in cold seasons due to insufficient nitrification, the ammonium
ion concentration in WWTE can become so high that it becomes impossible to achieve sufficiently
high FAC concentrations in the UV chamber influent. For all ECs, the elimination effect by the
UV/combined Cl2 AOP (UV/CC) was not significantly higher than that by sole UV treatment.
Accordingly, the UV/chlorine AOP is very sensitive and loses its effectiveness drastically as soon
as there is no FAC but only CC in the UV chamber influent. Therefore, within the electrical energy
consumption range tested (0.13–1 kWh/m3), a stable EC elimination performance of the UV/chlorine
AOP cannot be maintained throughout the year.

Keywords: ammonium; emerging contaminants; pilot plant; UV/chlorine AOP; UV/HOCl;
wastewater treatment

1. Introduction

The prevention of the emission of anthropogenic emerging contaminants (ECs) in surface
waters is becoming increasingly important, as such compounds can be endocrine disrupting [1] and
carcinogenic [2]. Since these compounds are mainly introduced into the environment via wastewater
treatment plant effluents (WWTE), additional treatment steps, such as the advanced oxidation process
(AOP), are provided for in wastewater treatment plants (WWTPs). One such method is the UV/chlorine
AOP. The principle of this process is the transformation of free available chlorine (FAC), e.g., in the
form of hypochlorous acid (HOCl) or the hypochlorite anion (OCl−) (pKa = 7.5), by UV radiation into
highly reactive radicals (Equations (1)–(3)), with the aim of oxidizing the ECs to CO2 and H2O or at
least rendering them biodegradable [3–6]:

HOCl + UV photons→ •OH + Cl• (1)

ClO− + UV photons→ •O− + Cl• (2)

•O− + H2O→ •OH + OH− (3)

In a study with real effluent of a WWTP (continuous operation with 1 m3/h, medium pressure UV
lamp operated at 0.4–1.0 kW) by Rott et al. [7] it was shown at pilot scale that the UV/chlorine AOP is
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superior to the UV/H2O2 AOP [8] in terms of the elimination of ECs, the bacterial count and the total
estrogenic activity, as much lower mass concentrations of oxidant are required. All investigations in
this study were carried out at NH4

+-N concentrations <0.1 mg/L.
A major concern associated with the UV/chlorine AOP is the formation of potentially toxic and

lipophilic halogenated degradation by-products such as adsorbable organohalogens (AOX) [7,9,10].
Side reactions contribute to the fact that the dosed chlorine immediately reacts to form combined
chlorine (CC) or decomposes into chloride. Ammonium ions belong to the most important compounds
in WWTE making it difficult to maintain free chlorine in such a form of wastewater. For example,
chlorine reacts with ammonium ions preferably to form chloramines, as shown in Equation (4) in the
form of monochloramine [11]:

HOCl + NH4
+ → NH2Cl + H2O + H+ (4)

An important task of WWTPs is the removal of nitrogen. Ammonium ions in the feed are
oxidized to nitrate (NO3

−) by aerobic, autotrophic, nitrifying microorganisms. This, in turn, is
converted by predominantly heterotrophic, denitrifying bacteria under anaerobic conditions to gaseous,
elementary nitrogen (N2), which escapes into the atmosphere. The speed of both processes is severely
impaired at low temperatures and comes to a standstill at 8 ◦C. In the temperate zone, where very cold
and warm seasons alternate, the elimination of ammonium ions in WWTPs is thus not guaranteed
throughout. Figure 1 shows the ammonium ion concentration in the effluent of the WWTP (Lehr- und
Forschungsklärwerk, LFKW, Stuttgart, Germany), the effluent of which was used in the investigations
by Rott et al. [7] and this work. It becomes clear that NH4

+-N concentrations of up to 10 mg/L can
occur in cold seasons. In this year, the wastewater temperature varied between 8 and 21 ◦C, with
125 days of it being <13 ◦C. It is therefore necessary to find out to what extent the UV/chlorine AOP is
influenced by high NH4

+ concentrations in the effluent of the WWTP when it is used for the elimination
of ECs.

Figure 1. Ammonium ions and chemical oxygen demand (COD) concentrations determined in WWTE
of the LFKW (x-axis: months).

The formation of chloramines in the UV/chlorine process does not necessarily lead to the absence
of oxidation of ECs. It is known that in the presence of UV radiation chloramines are also converted to
reactive radicals (e.g., aminyl and chlorine radicals) (Equation (5)) [6,9]:

NH2Cl + UV photons→ NH2• + Cl• (5)

Only a few studies investigating the UV/chlorine AOP involve high ammonium ion concentrations
in their experiments [9,12,13]. Generally, these investigations are only based on synthetic wastewater on a
laboratory scale often only simulating the organic carbon content by the dosage of a specific compound
such as tert-butanol or citric acid and urea [14,15]. However, real conditions in WWTE can be completely
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different. The aim of this work is therefore to investigate the influence of ammonium ions and the organic
load (COD, Figure 1) in wastewater under realistic conditions, i.e., at pilot scale in continuous operation
with real WWTE.

The article discussed here is to be understood as a continuation of the article by Rott et al. [7].
In this article, experiments with the pilot plant used here were carried out with WWTE of negligible
ammonium ion concentrations of the same WWTP.

2. Materials and Methods

2.1. Electrical Energy Consumption

The electrical energy consumption E (in kWh/m3, Equation (6) with electrical power input
P (in kW) and the flow rate F of the pilot plant (in m3/h)) is correlated to the running costs of a
flow-through plant and is therefore an important factor for the technical applicability of the process [14].
Moreover, assuming first-order kinetics, the electrical energy consumption per order of compound
removal (EEO) can be calculated using Equation (7), where c0 is the initial concentration of the
compound and c is the concentration of the compound after treatment [16]:

E =
P
F

(6)

EEO =
P

F× log
( c0

c
) (7)

2.2. Overview of Experiments

Four experiments were carried out. In these experiments, either tap water spiked with diclofenac
and carbamazepine (these ECs are among the most frequently found pharmaceuticals in water bodies
and they are ineffectively removed in WWTPs [17]) or the effluent of a WWTP was treated with a pilot
plant equipped with a medium pressure UV chamber. The WWTE was examined for 16 different ECs.
The individual parameters were varied as follows:

• Exp. A: Variation of NH4
+-N concentration (0.5, 1.0, 1.5 mg/L) in spiked tap water (6.9 mg/L

dosed free Cl2, 0.4 kW UV power, 1 m3/h flow rate)
• Exp. B: Variation of WWTE dilutions with spiked tap water (6.9 mg/L dosed free Cl2, 0.4 kW UV

power, 1 m3/h flow rate)
• Exp. C: Variation of CC concentration (1–5 mg/L CC in UV chamber influent) on WWTE (0.0 and

0.4 kW UV power, 1 m3/h flow rate)
• Exp. D: Variation of flow rate (1, 2, 3 m3/h WWTE) at 3 mg/L FAC dosage in UV chamber influent

and 0.4 kW UV power (0.13, 0.20, 0.40 kWh/m3 electrical energy consumption)

2.3. Chemicals and Reagents

NaOCl solution (14% active chlorine) and hydrochloric acid (HCl, 32%, AnalaR Normapur) were
purchased from VWR International (Radnor, PA, USA). The used H2O2 solution (35%) provided
by Siemens Water Technologies (Günzburg, Germany) was of technical grade. Carbamazepine
(99%) and diclofenac sodium salt (>98.5%) were purchased from Sigma-Aldrich (St. Louis, MO,
USA). NH4Cl (p.a.) was purchased from Merck KGaA (Darmstadt, Germany). Crystalline sodium
thiosulfate pentahydrate (Na2S2O3·5H2O,≥99%) was purchased from Carl Roth (Karlsruhe, Germany).
Dichloromethane (CH2Cl2, >99.8%) was purchased from Bernd Kraft GmbH (Duisburg, Germany).
N,N-diethyl-p-phenylenediamine (DPD) was contained in powder pillows obtained from Hach
(Berlin, Germany).
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2.4. Tap Water (TW) and Wastewater Treatment Plant Effluent (WWTE)

The tap water used was analyzed for the following parameters the concentrations of which were
mainly below the limit of detection: <0.1 mg/L NH4

+-N, <5.0 mg/L COD, <1.5 mg/L DOC (dissolved
organic carbon), 300–350 µS/cm electrical conductivity, <0.02 mg/L free Cl2, <0.02 mg/L total Cl2.
Thus, the tap water had not been chlorinated in the waterworks when the experiments were conducted.

The municipal Treatment Plant for Education and Research (LFKW, Lehr- und Forschungsklärwerk)
with a capacity of 30 L/s treats an average amount of 900,000 m3 per annum (9000 population equivalents).
Its raw wastewater is composed of domestic wastewater and wastewater from the university grounds
mainly of industrial effluents. After the primary clarifier, the wastewater is treated in separated
denitrification and nitrification tanks (simultaneous P precipitation). The aerated sludge is separated
in a secondary clarifier the effluent of which is additionally separated from particles by micro sieves
(15–20 µm pore size).

In experiments with tap water and dilutions of WWTE, carbamazepine and diclofenac were spiked
and analyzed. The initial concentrations of these compounds in raw samples of all experiments and
important parameters characterizing the wastewater composition are given in Table 1. The temperature
of the wastewater was between 14 and 19 ◦C. The pH varied slightly between 6.9 and 8.2. The WWTE
was mainly composed of 5–8 mg/L DOC, approx. 20–30 mg/L COD and approx. 1000 µS/cm electrical
conductivity. The NH4

+-N concentration in WWTE could vary strongly between <0.1 and 6.7 mg/L
(Table 1). In experiments with pure WWTE directly drained from the micro sieves effluent, fourteen
other emerging contaminants presented in Figure 2 were analyzed. Their initial concentrations are
given in the Supplementary Material (Table S1) and varied between 0.02 and 2.19 µg/L.

Table 1. Initial parameter values c0 measured in the reference samples.

Experiment
T pH COD DOC NH4

+-N Cond. CBZ DCF
◦C - mg/L mg/L mg/L µS/cm µg/L µg/L

A

<0.1 mg/L
NH4

+-N 16.3 7.4 <5.0 <1.5 <0.1 334 ± 0 0.25 ± 0.00 1.70 ± 0.01

0.5 mg/L NH4
+-N 16.0 8.0 <5.0 <1.5 0.5 341 ± 0 0.94 ± 0.02 1.66 ± 0.18

1.0 mg/L NH4
+-N 16.7 8.0 <5.0 <1.5 1.0 348 ± 3 0.59 ± 0.03 1.90 ± 0.03

1.5 mg/L NH4
+-N 15.5 8.0 <5.0 <1.5 1.5 350 ± 0 1.07 ± 0.04 1.40 ± 0.25

B

<5 mg/L COD 16.3 7.4 <5.0 <1.5 <0.1 334 ± 0 0.25 ± 0.00 1.70 ± 0.01
10 mg/L COD 17.7 8.2 12.1 ± 1.6 3.1 ± 0.2 <0.1 520 ± 1 0.40 ± 0.00 3.08 ± 0.07
16 mg/L COD 17.1 8.2 16.2 ± 0.1 4.2 ± 0.4 <0.1 717 ± 4 0.48 ± 0.07 3.01 ± 0.37
22 mg/L COD 18.2 8.2 21.0 ± 1.5 5.1 ± 0.1 <0.1 909 ± 1 0.48 ± 0.01 2.08 ± 0.51

C
1 mg/L CC 13.9 6.9 31.2 ± 1.0 8.3 ± 0.9 1.58 ± 0.02 920 ± 0 0.68 ± 0.05 2.67 ± 0.18
3 mg/L CC 14.8 7.0 23.0 ± 0.8 5.9 ± 0.3 6.26 ± 0.05 973 ± 0 0.57 ± 0.02 1.98 ± 0.25
5 mg/L CC 14.2 7.0 24.8 ± 1.5 6.5 ± 0.9 6.73 ± 0.85 1048 ± 9 0.57 ± 0.01 3.87 ± 0.45

D
1 m3/h flow rate 18.3 6.9 21.9 ± 0.1 4.5 ± 0.0 0.13 ± 0.00 823 ± 0 0.54 ± 0.02 1.31 ± 0.02
1 m3/h flow rate 18.3 6.9 20.6 ± 2.3 n.m. 0.57 ± 0.00 822 ± 6 0.57 ± 0.02 1.42 ± 0.14

n.m.: not measured, T: temperature, COD: chemical oxygen demand, DOC: dissolved organic carbon, Cond.:
electrical conductivity, CBZ: carbamazepine, DCF: diclofenac, FAC: free available chlorine, CC: combined Cl2.
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Figure 2. Emerging contaminants analyzed in WWTE samples with CAS numbers (Rott et al. [7] based on [18]).

2.5. Pilot Plant

The UV/AOP pilot plant (Figure 3, see Rott et al. [7] for more details) was placed next to the
micro sieves of the WWTP. The plant was fed by means of an eccentric screw pump. The flow
rate (1–3 m3/h) was controlled using a variable area flowmeter. A tap at the inlet of the plant
allowed for the sampling of untreated sample (c0). NaOCl stock solution was dosed into the feed
stream using a peristaltic pump (0.08–4 L/h). Subsequent to a static mixer, a portion of the feed
stream was directed to a measuring cell where the temperature, pH (single junction, combination
electrode sensor, Wallace & Tiernan, Günzburg, Germany) and free available Cl2 (FAC) (potentiostatic
electrode amperometry sensor, Wallace & Tiernan, Günzburg, Germany) were analyzed. The medium
pressure UV lamp (type: WTL 1000, 1 kW maximum power, 230 mm length × 22 mm diameter,
Wallace & Tiernan, Günzburg, Germany), protected by a quartz sleeve with a thickness of 1 mm and
cut-off at 200 nm wavelength, was installed in a stainless steel chamber (Wallace & Tiernan Barrier
M35, 300 mm assembly dimension × 214 mm height × 600 mm length) (approx. contact time in the
UV chamber: 6–10 s). The irradiance was visualized by a 4–20 mA UV sensor (signal in W/m2) on the
cabinet. The UV chamber effluent could be mixed with H2O2 via a second peristaltic pump in order
to quench residual free Cl2 (RFC). This study focused on the technical feasibility of the UV/chlorine
process. Therefore, this peristaltic pump was mainly operated in automatic mode, i.e., the H2O2 dosage
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was automatically controlled by means of a chemical feed analyzer (via a further static mixer, a partial
stream was passed into a further measuring cell where the RFC concentration could be measured) and
process controller (MFC Analyzer/Controller) from Wallace & Tiernan. Since the FAC concentration
could vary during an experiment while the H2O2 dosage was running and the experiments were
limited in time, it was therefore not possible to determine the RFC concentration on a regular basis in
case of missing H2O2 dosage. This aspect is therefore not addressed in this article. The contact time of
the quenching agent from its dosage point to the effluent of the pilot plant was 4–6 s. The pilot plant
effluent (treated sample (c)) could be sampled via a sampling tap at the outlet of the pilot plant (upper
sampling tap). At a flow rate of 1 m3/h, the flow time in the pilot plant was 25–28 s.

Figure 3. Technical scheme of the UV/chlorine AOP pilot plant (with changes from Rott et al. [7]).

2.6. Experimental Procedure

2.6.1. Preparations

Prior to some experiments, carbamazepine, diclofenac and ammonium chloride (NH4Cl) were
dissolved in pure water in separate 1 L flasks (stock solutions). In order to obtain similar carbamazepine
and diclofenac concentrations in all spiked tap water experiments (Exp. A, B and C), at first two 1 L
samples were collected from continuously circulated WWTE in a big tank (40 m3). In these samples,
the concentrations of both compounds were analyzed. By adding a quantity of the abovementioned
stock solutions matched to this concentration to 800 L of sample, an attempt was made to obtain
similar initial EC concentrations in these experiments. As it can be seen in Table 1, only in some cases
similar concentrations could not be achieved in all batches showing that an exact adjustment of the
EC concentration in the µg/L range on this scale was challenging. This can be attributed to very fine
residual pollution contaminated with the ECs in the 800 L sample tank despite meticulous cleaning of
the tank prior to the experiment. Furthermore, the spiked compounds could adsorb on such deposits
and the analyzed dissolved concentration of the ECs could therefore be lower than expected. However,
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previous experiments [7] had shown that as long as the initial concentrations of the ECs are in a similar
range, comparable results of the c/c0-ratio can be determined.

2.6.2. General Procedure

The feed pump (1 m3/h flow rate), UV lamp (operated at 0.4 kW), the NaOCl dosing pump
and quenching agent dosing pump were switched on consecutively. After 10 min, the samples were
collected. First two or three sample bottles (i.e., duplicate or triplicate samples) were filled with
reference sample (c0). Subsequently, two or three sample bottles were filled with treated sample (c).

2.6.3. Exp. A: Variation of NH4
+-N Concentration in Spiked Tap Water

Four 800 L tap water batches with different concentrations of NH4
+ were prepared (0.0, 0.5, 1.0

and 1.5 mg/L NH4
+-N) and treated separately as described as follows. When the feed tank was filled

with 800 L of tap water, the carbamazepine, diclofenac and NH4
+ stock solutions were added to the

tank. In order to achieve a good homogenization, the tank was stirred for 1 h. For each of the four
batches, separately the general procedure described in Section 2.6.2 was performed (duplicate samples
taken for the analysis). For all batches, the flow rate of the NaOCl dosing pump was set adjusting a
concentration of 6.9 mg/L dosed free Cl2. The H2O2 concentration (quenching agent) was around
3.2 mg/L. The UV sensor signal was 224 ± 21 W/m2.

2.6.4. Exp. B: Variation of WWTE Dilutions with Spiked Tap Water

40 m3 WWTE were collected in a tank in the micro sieves hall (Figure 4). With this WWTE, three
800 L batches with different tap water (TW) to WWTE ratios were prepared (530 L TW and 270 L
WWTE, 270 L TW and 530 L WWTE, 800 L WWTE) and treated separately as described as follows (the
batch regarding sole TW was already investigated in Exp. A (0 mg/L NH4

+-N)). At first, the stirred
tank was filled with WWTE and then with tap water. At the same time, the carbamazepine and
diclofenac stock solutions were added to the tank. In order to achieve a good homogenization, the tank
was stirred for 1 h. For each of the three batches, the general procedure described in Section 2.6.2
was performed separately (duplicate samples taken for the analysis). For all batches, the flow rate
of the NaOCl dosing pump was set adjusting a concentration of 6.9 mg/L dosed free Cl2. The H2O2

concentration (quenching agent) was around 3.2 mg/L. The UV sensor signals were 243 W/m2 (800 L
TW), 175 ± 11 W/m2 (530 L TW and 270 L WWTE), 128 ± 8 W/m2 (270 L TW and 530 L WWTE),
101 ± 8 W/m2 (800 L WWTE).

Figure 4. Scheme of the process setup in UV/chlorine AOP Exp. B with different WWTE dilutions.

2.6.5. Exp. C: Variation of CC Concentration on WWTE

In this experiment, NH4
+-loaded WWTE was withdrawn from the micro sieves effluent directly.

At first, the general procedure was performed as described in Section 2.6.2, but with the UV lamp
switched off. Due to very high NH4

+ concentrations in the WWTE (Table 1), free Cl2 from the dosed
NaOCl solution reacted immediately to form CC, so no FAC could be detected in the UV chamber
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influent. Thus, a 1 mg/L total Cl2 concentration (1 mg/L CC, 0.0 kWh/m3) in the UV chamber influent
was adjusted. Now, the UV lamp was switched on and set to 0.4 kW (75 ± 5 W/m2). After 10 min,
further treated samples were collected. Now, the quenching agent H2O2 dosage via the second dosing
pump was switched on (3.0–4.5 mg/L). After 10 min, the next treated samples were taken from the
upper sampling tap. This procedure was repeated for 3 mg/L CC and 5 mg/L CC (both with and
without 0.4 kW UV power, both with and without quenching agent dosage) on two different days.
Each time triplicate samples were taken for the analysis.

2.6.6. Exp. D: Variation of Flow Rate

In this experiment, WWTE was withdrawn directly from the micro sieves effluent. Through
the whole experiment, a FAC concentration of 3 mg/L in the UV chamber influent was set. At first,
the general procedure was performed as described in Section 2.6.2 (0.4 kW, 1 m3/h, 0.40 kWh/m3,
106 W/m2). Next, the flow rate was increased to 2 m3/h, subsequently repeating the general procedure
(0.4 kW, 0.20 kWh/m3, 98 W/m2, no reference sample taken). The same procedure was repeated with
a flow rate of 3 m3/h (0.4 kW, 0.13 kWh/m3, 92 W/m2). Each time triplicate samples were taken for
the analysis. The concentration of quenching agent was 3.8–5.8 mg/L H2O2.

2.7. Analytical Methods

2.7.1. Free Cl2 (FAC, RFC), Combined Cl2 (CC), Total Cl2

For the on-site determination of free Cl2 and total Cl2 equivalent concentrations, a DPD powder
pillow method was used (Hach, photometer SQ 118, Merck) (DPD: N,N-diethyl-p-phenylenediamine).
The concentration of dosed Cl2 was calculated from the flow rates of the feed pump, the dosing pump
and the NaOCl stock solution concentration [7]. With ‘other Cl-containing reaction products’ (OCRP)
the difference between dosed Cl2 and measured total Cl2 is described (e.g., OCRP can be chloride).
During all experiments, Cl2 measurements were carried out as soon as a certain state of equilibrium
was achieved.

2.7.2. Emerging Contaminants

Each 1 liter sample was pretreated with 15 mg of the reducing agent sodium thiosulfate (Na2S2O3).
The determination of ECs was performed via gas chromatography directly coupled with a mass
selective spectrometer (5890N Series II GC, Hewlett Packard, Palo Alto, CA, United States, Hewlett
Packard 5972 Series detector, column: VF-Xms, length: 30 m, diameter: 0.25 mm, film thickness:
0.25 µm, Varian, Palo Alto, CA, United States). After the addition of internal standards, the samples
were liquid-liquid extracted (dichloromethane, 2 × 40 mL) and evaporated to 100 µL. Quantification
was done using the isotope dilution method and external calibration. The limit of quantification (LOQ)
was 1 ng/L.

2.7.3. Other Parameters

The temperature and pH value were measured on-site in measuring cells of the pilot plant using
a single junction combination electrode sensor by Wallace & Tiernan. The electrical conductivity was
measured by means of a WTW TetraCon 325 conductivity detector and a WTW Multi 350i device.
The NH4

+-N concentration (Hach LCK 304) and COD (Hach LCK 414, 5 mg/L LOQ) were determined
with cuvette rapid tests without prior treatment. The COD cuvettes were heated in a thermostat (Hach
HT 200S) for 2 h at 148 ◦C. The DOC concentrations (1.5 mg/L LOQ) were measured by means of the
thermo-catalytic UV oxidation method implemented in the multiN/C 3000 device (Analytik Jena, Jena,
Germany). Prior to this analysis, each sample was acidified by hydrochloric acid (pH 2) and filtered
(cellulose nitrate, 0.45 µm pore size).
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2.7.4. Number of Measurements

The given values in diagrams or tables are mean values calculated from two or three equivalent
samples taken consecutively (see experiment descriptions). Error bars in diagrams as well as numbers
after the ± symbol in tables correspond to the calculated standard deviation.

3. Results and Discussion

3.1. Chlorine Species

3.1.1. Exp. A: Variation of NH4
+-N Concentration in Spiked Tap Water

In Figure 5, the left columns depict the measured concentrations of FAC, CC and OCRP in the UV
chamber influent of Exp. A and B. The right columns show the concentrations of these chlorine species
in the pilot plant effluent after quenching with H2O2.

Figure 5. FAC/RFC ( ), CC ( ) and OCRP ( ) in the UV chamber influent (left columns) and after
UV treatment at 0.4 kW and subsequent quenching with H2O2 (right columns) by means of an AOP
pilot plant. (A) Exp. A (1 m3/h TW, mainly <5 mg/L COD) and (B) Exp. B (1 m3/h, dilutions of
WWTE, <0.1 mg/L NH4

+-N).

With RFC concentrations <0.1 mg/L in the pilot plant effluent, it is evident from all experiments
that by quenching with H2O2 a good removal of that proportion of chlorine that had not reacted in the
UV reactor (not determined) was achieved. As a rule, this required a concentration of around 3.2 mg/L
H2O2, which corresponds to 95 µM. For the complete reaction of free Cl2, the stoichiometric equivalent
of H2O2 is theoretically sufficient [19], which corresponds to 6.7 mg/L Cl2. Thus, since the maximum
concentration in the pilot plant influent was only 6 mg/L Cl2, the H2O2 dosage of 3.2 mg/L H2O2 was
theoretically sufficient. The reaction rate for this case (kHO2

−
–HOCl = 4.4 × 107 M−1s−1 [19]) is so high

that the quenching can take place within a few milliseconds. A contact time of about 4–6 s between the
H2O2 dosing point and the pilot plant effluent was therefore more than sufficient.
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Although Exp. A was carried out with tap water, which in traces had only been spiked with
carbamazepine and diclofenac, and the DOC of which was below the LOQ of 1.5 mg/L, in the case of
no ammonium chloride spiking, a dosage of 6.9 mg/L Cl2 was required to obtain a concentration of
6 mg/L FAC in the UV chamber influent (Figure 5A). The slightly higher dosage was due to hardly
noticeable organic impurities that were present in the tap water or e.g., residual impurities in the
stirring tank, the pump hoses or in the static mixers (the plant was thoroughly flushed before each
experiment, however, a 100 percent cleaning was challenging). For all NH4

+ concentrations examined,
the same dosage concentration of 6.9 mg/L Cl2 was used. As expected, the increase in ammonium
ion concentration led to a decrease of the FAC concentration in the UV chamber influent. At all
NH4

+ concentrations studied, furthermore, lost free chlorine was found almost entirely in the form of
combined chlorine, i.e., in the form of chloramines. Thus, a concentration of 1 mg/L NH4

+-N (71 µM)
already reduced the achievable FAC concentration by 75%. The associated loss of 4.7 mg/L free Cl2
(66 µM) was quasi-equimolar with the NH4

+-N concentration of 71 µM. Accordingly, a stoichiometric
inhibition of the UV/chlorine AOP is to be expected in tap water by ammonium ions (inhibition ratio
of 4.7 mg FAC per mg NH4

+-N between 0 and 1 mg/L NH4
+-N) (Figure S1).

Margerum et al. [20] as well as Qiang and Adams [21] found an apparent rate constant of
1.3 × 104 M−1s−1 for the reaction of HOCl with NH4

+ at 25 ◦C and pH 7 [22]. Using this value,
a contact time of 5.6 s between the dosage point of chlorine and the Cl2 measuring cell could be
determined with the least squares method (Table S2 and Figure S2). Accordingly, on the basis of the
diameter of the pipes, a contact time of 6.1 s between the chlorine dosage point and the UV chamber
influent was calculated (Table S3). The difference in contact time was therefore only slight, so that
the FAC concentration between the UV chamber influent and the measuring cell differed only by a
maximum of 0.05 mg/L (Table S2).

Furthermore, it can be seen from Figure 5A that the CC concentration in the pilot plant effluent
was always lower than in the UV chamber influent for all tested batches (with an increase in NH4

+

concentration from left to right, the degree of CC elimination changed as follows: 68, 50, 33, 26%).
A specific proportion of the chloramines present in the UV chamber influent was therefore degraded
in the UV chamber. The elimination of CC by UV light is a familiar phenomenon. Yang et al. [9] found
a similar decrease from 2.1 to 1.6 mg/L monochloramine in ammonium-rich wastewater (pH 7) by
UV light (10 W). Chuang et al. [23] also found that at pH 7 NH2Cl is reduced up to 50% at fluences of
up to 3000 mJ cm−2. The weakly pronounced falsification of the result of the CC concentration in the
pilot plant effluent by the quenching agent H2O2 as quantified as 0.0388 mg total Cl2/mg H2O2 [7] is
estimated to be very low.

3.1.2. Exp. B: Variation of WWTE Dilutions with Spiked Tap Water

Since the COD is an adequate parameter to describe the cumulative organic load of WWTE, all
dilutions in Exp. B are classified by their initial COD (Figure 5B). In Table 1, the exact measured COD
values of the dilutions can be seen. For simplification reasons, these COD values were simplified to 10,
16 and 22 mg/L COD in Figure 5B. The COD of pure tap water could therefore be calculated to approx.
4 mg/L (<5 mg/L). In all batches, NH4

+-N was always <0.1 mg/L, which allowed the investigation of
the sole influence of COD, i.e., organic and some inorganic compounds in WWTE, on the UV/chlorine
process. As in Exp. A, for all of the four batches in Exp. B, always the same NaOCl stock solution
dosage of 6.9 mg/L Cl2 was applied. The FAC concentration obtained in the UV chamber influent
decreased linearly proportional to the COD up to 22 mg/L COD at a ratio of 0.16 mg FAC per mg
COD (Figure S3). As already reported by Rott et al. [7] in the case of undiluted effluent from a WWTP,
therefore, to obtain the desired FAC concentration in the UV chamber influent approximately the
double dosage was necessary.

CC increased slightly with an increase in COD (approx. 0.03 mg CC/mg COD). In the UV chamber,
however, CC was eliminated between 40 and 70%. Compared to Exp. A, a far greater proportion of
OCRP was found in the UV chamber influent, which also increased at a significantly higher ratio of
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0.1 mg OCRP/mg COD. This is obvious, as in Exp. B chlorine reacted predominantly with organic
compounds, not all chlorinated products of which can necessarily be detected as CC using the DPD
method [7].

Knowing the exact contact time of 5.6 s between the dosing point of chlorine and the Cl2
measuring cell from Exp. A and the recorded FAC concentrations in this measuring cell at known
COD concentrations, the least squares method could be used to determine the rate constant between
HOCl and COD to be 182 M−1s−1 (the COD is not the actual reaction partner of HOCl, but represents
the sum of all organic compounds in the sample, Table S4 and Figure S4). The COD of the investigated
WWTE of 22 mg/L was typical for the investigated WWTP and thus representative, albeit slightly
above the annual mean value of 19.7 mg/L (Figure 1). Since COD limit values usually depend on
the size class of WWTPs and can even be in the three-digit mg/L range, it should be considered that
such WWTPs would require relatively high Cl2 doses. Assuming the abovementioned rate constant
of HOCl with COD, for instance, at a COD of 80 mg/L in WWTE (neglecting NH4

+) about 34 mg/L
of dosed Cl2 would be required to obtain a desired FAC concentration of 3 mg/L in the UV chamber
influent (Table S5).

Whether ammonium ions or organic pollution play a major role in FAC inhibition during the
entire operating year of a WWTP, is very case-specific. The following calculation intends to solve
this question for the year of operation of the LFKW shown in Figure 1. In this year, the annual mean
value of the NH4

+-N concentration in WWTE was 1.56 mg/L and the COD average was 19.7 mg/L.
Based on the abovementioned inhibition ratios, because of ammonium ions the required Cl2 dosage
to obtain 3 mg/L FAC on average in the UV chamber influent would have been 10.3 mg/L, with
7.3 mg/L of it being inhibited by ammonium ions on average. Due to the organic constituents (COD),
the required average Cl2 dosage to obtain 3 mg/L FAC in the UV chamber influent would have been
6.2 mg/L, with 3.2 mg/L FAC of it being inhibited on average (under the simplified assumption that
the required Cl2 dosage to obtain a specific FAC concentration is linearly proportional to the COD at
≤30 mg/L COD (Figure S5)—over 95% of the year, this concentration range prevailed in the WWTE).
Thus, under very simplified assumptions, this would have resulted in a required annual average Cl2
dosage concentration of at least 13.5 mg/L. This shows that on average ammonium ions in the WWTE
would have inhibited dosed chlorine more strongly than organic components.

NH4
+-N concentrations of 5–10 mg/L, for example, would result in minimum dosages of

27–54 mg/L Cl2 to obtain a FAC concentration of 3 mg/L in the UV chamber influent (Table S5).
However, such high dosing quantities are highly questionable with regard to the formation of critical
by-products. For periods in which such high ammonium ion concentrations prevail, it would therefore
be decisive for the applicability of the UV/chlorine AOP whether CC also causes a sufficiently efficient
EC elimination due to its activation with UV light.

3.1.3. Exp. C: Variation of CC Concentration on WWTE

In the experiment investigating the efficiency of the UV/CC AOP, a sufficiently high NH4
+

concentration was present in the WWTE at all three CC concentrations tested (1, 3, 5 mg/L).
Consequently, the dosed free Cl2 reacted quickly to form CC and was thus almost completely detected
in the UV chamber influent as CC (OCRP concentrations in the UV chamber influent at 1, 3, 5 mg/L
CC were: 0.6 mg/L, 0.2 mg/L, 0.1 mg/L (not shown in Figure 6)). The COD of the raw samples varied
only slightly between 24 and 31 mg/L. When the UV lamp was off, the CC concentration between the
UV chamber influent and the pilot plant effluent did not change significantly (Figure 6). Only when the
UV lamp was on (operated at 0.4 kW), the CC concentration dropped between 5 and 20%, indicating
activation/decay of chloramines possibly according to Equation (5).

Within the scope of this work, it was not investigated which compounds exactly made up the
CC. However, since the rate constant of chlorine with ammonium ions is almost one hundred times
greater than the rate constant of chlorine with COD (see Sections 3.1.1 and 3.1.2), it can be assumed
that mainly inorganic chloramines were formed in the presence of ammonium ions. When H2O2

194



Int. J. Environ. Res. Public Health 2018, 15, 1276

quenching was carried out additionally, the CC concentrations found in the pilot plant effluent were
slightly higher than those without quenching. This is because H2O2 leads to a slight falsification of the
total Cl2 determination method with DPD [7,24]. However, this falsification is not significant enough
to interfere with the conclusion that CC cannot be quenched with H2O2. Assuming that most of the CC
was composed of inorganic chloramines, this is obvious since the rate constants of monochloramine
(kNH2Cl–H2O2 = 2.76 × 10−2 M−1s−1 [25]) and dichloramine (kNHCl2–H2O2 = 3.60 × 10−6 M−1s−1 [25])
with H2O2 are very low.

Figure 6. Combined Cl2 in the UV chamber influent ( ) and pilot plant effluent after treatment of
1 m3/h NH4

+-loaded WWTE with CC (no UV) ( ), UV/CC (0.4 kW, no quenching) ( ) and UV/CC
(0.4 kW, 3.0–4.5 mg/L H2O2 quenching) ( ) by means of an AOP pilot plant (Exp. C).

Chlorinated compounds are considered environmentally critical and should not be simply
discharged with the WWTE into the receiving water. The fact that CC was only slightly eliminated
when the UV lamp was on and CC could not be sufficiently removed by quenching with H2O2

shows that high NH4
+ concentrations in the WWTE make the UV/CC AOP seem impractical at the

investigated UV power range.

3.1.4. Exp. D: Variation of Flow Rate

From Figure 7 it becomes apparent that Exp. D was carried out at a time when the NH4
+-N

concentration slowly increased from 0.13 to 0.57 mg/L during the experiment. Thus, at a flow
rate of 1 m3/h, approximately twice the Cl2 dosage amount was required to obtain 3 mg/L FAC
in the UV chamber influent, whereas at 3 m3/h this was only the case at four times the amount.
This was accompanied by an increasing CC and OCRP concentration with increasing flow rate. The CC
concentration was hardly reduced by the UV irradiation, at 3 m3/h it even increased slightly. The lack
of CC elimination at higher flow rates indicates that at 3 m3/h the wastewater passed the UV chamber
too quickly (2–3 s) resulting in no sufficient time for CC photolysis. The slight increase can be attributed
to a slight falsification of the DPD method by H2O2.

3.2. Emerging Contaminants

3.2.1. Exp. A: Variation of NH4
+-N Concentration and Exp. B: Variation of WWTE Dilutions

Figure 8A shows the residual concentrations of carbamazepine (CBZ) and diclofenac (DCF) as a
function of the ammonium ion concentration in tap water matrix treated with 6.9 mg/L dosed Cl2
at 0.4 kW UV power. Figure 8B shows the dependence of the residual concentrations on different
dilutions of WWTE (22 mg/L COD) with tap water (approx. 4 mg/L COD). The elimination of CBZ
from tap water without ammonium ions was approx. 84%, whereas DCF was eliminated in this matrix
at approx. 99.4%. An increase in NH4

+-N to 1.5 mg/L resulted in a similar deterioration of the degree
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of elimination for both ECs as an increase in the COD concentration to around 22 mg/L. Accordingly,
with the highest NH4

+-N concentration and COD tested, the CBZ elimination was only 33–34% and
the DCF elimination was 82–86%. The trend lines could be represented well predominantly by means
of square equations.

Figure 7. FAC/RFC ( ), CC ( ) and OCRP ( ) in the UV chamber influent (left columns) and after
UV treatment and subsequent quenching with H2O2 (right columns) by means of an AOP pilot plant
at 0.4 kW (Exp. D: WWTE, 0.13–0.57 mg/L NH4

+-N).

Figure 8. Carbamazepine ( ) and diclofenac ( ) after treatment of tap water spiked with NH4Cl
(Exp. A, <5 mg/L COD) and dilutions of WWTE with tap water (Exp. B, <0.1 mg/L NH4

+-N) by means
of an AOP pilot plant at 1 m3/h, 6.9 mg/L dosed Cl2, 0.4 kW UV lamp power (0.4 kWh/m3 electrical
energy consumption) and subsequent quenching with around 3.2 mg/L H2O2 as functions of NH4

+-N
(A); COD (B) and FAC concentration as detected in the UV chamber influent (C: Exp. A; D: Exp. B).
For EEO values, see Table S6.
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DCF is very susceptible to photolysis [26]. In experiments with the same UV pilot plant as in
this study [7], the UV photolysis at 0.4 kWh/m3 in WWTE matrix resulted in 81–90% elimination
of this compound, whereas with 3 mg/L FAC in the UV chamber influent (7.3 mg/L dosed Cl2) the
elimination was only 52–53% (without UV). CBZ, on the other hand, was not eliminated at all with
sole FAC treatment, but was removed by 18–22% with UV light only at 0.4 kWh/m3 electrical energy
consumption (no chlorine dosage) in WWTE matrix. It can therefore be assumed that the degradation
of the latter compound as found in Figure 8 was mainly caused by radicals, whereas for DCF UV
light was sufficient to degrade the molecule, and chlorine radicals but also free chlorine only slightly
contributed to an improved elimination.

Soufan et al. [27] observed a third-order reaction between CBZ and HOCl at pH 7 (145 M−2s−1),
whereas the reaction between DCF and HOCl was found to be of second-order (3.5 M−1s−1) [28].
These kinetic rate constants were determined at initial EC concentrations of 10 µM (3 mg/L DCF,
2.4 mg/L CBZ). The investigated [HOCl]/[CBZ] ratio was between 37 and 550, whereas the one
of [HOCl]/[DCF] was 17–33. In this work, however, the EC concentrations were so low that the
[HOCl]/[EC] ratio was between 10,000 and 25,000. Accordingly, it is not surprising that DCF half-lives
of more than 30 min (and DCF is the more reactive EC), as calculated by using the rate constant 3.5
M−1s−1, were not applicable to the study presented here. For the same reason, the comparatively low
rate constant of kobs = 0.78 min−1 for CBZ degradation by UV/chlorine (2 mg/L CBZ (8.5 µM), 280 µM
Cl2, 1.48 mW/cm2 (41 W), pH 7, in pure water) as found by Wang et al. [15] was not transferable to the
results of this study as well.

Figure 8C,D clearly show that the similar degrees of elimination of the two ECs between Exp. A
and Exp. B did not correlate with the FAC concentration in the UV chamber influent. This indicates that
the elimination of ECs cannot be traced back to FAC alone. The CC concentrations in the UV chamber
influent resulting from the different NH4

+-N concentrations were considerably higher (0.9–6.2 mg/L
CC) than those resulting from the different COD concentrations (0.9–1.6 mg/L CC). On the other
hand, the FAC concentrations were considerably lower. Despite these lower FAC concentrations in the
presence of NH4

+, the elimination of ECs was similar in the investigated measuring range with both
ammonium ions and COD. It is obvious that in Exp. A CC was composed of inorganic chloramines,
which decompose to radicals by UV light (Equation (5) [6,9]). Figure 5A also shows that CC was
degraded partially in the presence of UV irradiation. It can therefore be assumed that this conversion
of chloramines into radicals by UV light also contributed to the degradation of the ECs.

3.2.2. Exp. C: Variation of CC Concentration on WWTE

In Table 1 and Table S1, the initial concentrations of the ECs in each reference sample of Exp.
C can be seen. Thus, for the vast majority of ECs analyzed, the initial concentrations did not differ
significantly. In Figure 9, the results of Exp. C (sole CC and UV/CC treatment) are compared to those
obtained in an experiment with effluent of the same WWTP with varied FAC concentrations in the
UV chamber influent of the same UV pilot plant at 0.4 kWh/m3 (UV/FAC) [7]. Furthermore, a solid
gray line demonstrates the residual EC concentrations after sole UV treatment (0.4 kWh/m3) (range of
standard deviation taken from Rott et al. [7]).

When no UV radiation was applied and only CC was present in the UV chamber influent, there
was no elimination of the ECs in the WWTE. It is evident that the dosed Cl2 reacted quickly with
the ammonium ions in the wastewater (k = 1.3 × 104 M−1s−1 [20,21]). These ammonium ions thus
competed with the ECs for free Cl2 [29]. Chloramines (it can be assumed that the majority of CC
consisted of inorganic chloramines, see Section 3.1.3) can also react with ECs, but this reaction is
significantly slower than with free Cl2 [29]. This clearly shows that the oxidizing ability of inorganic
chloramines is not sufficient for compounds that are present in traces to be significantly degraded
within the very short contact time of less than 30 s prevailing in the pilot plant.
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Figure 9. Emerging contaminants found in WWTE after treatment with the UV/FAC AOP [7],
the UV/CC AOP (Exp. C) at 0.4 kWh/m3 electrical energy consumption (0.4 kW) and with CC
alone (no UV, Exp. C) as a function of the oxidant concentration (1 m3/h flow rate). Gray line: sole UV
treatment at 0.4 kWh/m3 (1 m3/h flow rate) [7]. For EEO values, see Table S7.

In order to be able to assess the actual elimination effect of the AOPs, knowledge of the elimination
performance of the 16 ECs by treatment with Cl2 alone is required. In an experiment with 3 mg/L FAC
at 1 m3/h [7], only the following compounds were eliminated with sole FAC treatment: 4t-octylphenol
(44% residual concentration), MTBT (64%), tramadol (64%), DCF (47%), diphenhydramine (35%),
bisphenol A (28%) and 4-nonylphenols (20%). All other compounds (including CBZ) were not
significantly degraded by 3 mg/L FAC. Thus, particularly the elimination of ECs such as CBZ, AHTN,
HHCB, HHCB-lactone, benzophenone and lidocaine, which were not eliminated significantly by Cl2
alone and the degree of elimination of which differed markedly between sole UV and UV/chlorine
treatment, can be traced back to reaction with radicals.

For all compounds, the elimination effect of 1–3 mg/L CC with simultaneous UV treatment
(UV/CC) was not significantly higher than the elimination effect by sole UV treatment. The fact
that ammonium ions were present in the pilot plant influent thus had a decreasing effect on the
EC elimination performance. Accordingly, due to the rapid reaction of free Cl2 with ammonium
ions, the •OH radical yield was considerably reduced [30]. Furthermore, the oxidizing ability of
chloramines is significantly lower than that of HOCl [30]. In addition, radicals can also be consumed
for the oxidation of ammonium ions to nitrite and nitrate ions [6,17]. On the other hand, HHCB,
HHCB-lactone, benzophenone, MTBT, TCEP and TCPP seemed to be affected by a CC concentration of
5 mg/L at UV/CC (still, UV/CC was less effective than UV/FAC except for TCEP, TCPP). Especially for
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the latter ECs, however, it is questionable why UV/CC worked better than UV/FAC, although HOCl
(Φ254 nm = 1.5, Φ200–350 nm = 3.3–4.0) has a significantly higher quantum yield than monochloramine
(Φ254 nm = 0.3, Φ200–350 nm = 0.7) [6]. During the experiment, TCEP and TCPP were the ECs with the
strongest variation in initial concentration (e.g., 0.37 µg/L TCEP at 3 and 5 mg/L CC and 2.19 µg/L
TCEP at 1 mg/L CC). In contrast, the initial concentrations of the other ECs were usually on a
similar scale. Thus, the supposedly better elimination can possibly be traced back to the changing
wastewater composition and considerably different initial concentration during the course of the
experiment. The very fact that the ammonium ion concentration in the WWTE varied considerably
within a few minutes indicates that the nitrification of the WWTP did not function optimally at this
moment. A non-functioning nitrification can also indicate a non-functioning elimination of other
organic or inorganic compounds and thus a very different wastewater matrix as compared to the
regular operation. Based on the few examples, a better efficiency of UV/CC compared to UV/FAC
should therefore not be concluded for the organophosphoric acid esters without further research.

The effect of the changing wastewater composition could also be observed very well with DCF,
4-nonylphenols, lidocaine and DEET. Here, in parts the UV/CC combination was even less effective
than sole UV treatment. The question now arises as to whether the changing wastewater composition
during the experiment had a negative effect on the reliability of the results. It must be noted that high
ammonium ion concentrations in WWTE are the exception in WWTP operation. Since nitrification
obviously does not function reliably when the ammonium ion concentration is elevated, the ammonium
ion concentration changes steadily, i.e., an equilibrium state of WWTE cannot be established for such
experiments. Furthermore, a changing NH4

+ concentration also indicates a poorer elimination of other
compounds in the wastewater (e.g., occurring solids or other nitrogenous compounds may react with
chlorine; color change of the wastewater may lead to a stronger absorption of UV light), so that other
conditions may prevail for the pilot plant. This experiment should cover this exceptional case and is
therefore representative.

In the experiments by Yang et al. [9], the elimination of some pharmaceuticals spiked in
ammonium-rich wastewater (3.14 mg/L NH4

+-N) was investigated. For example, at a dosage of
5 mg/L Cl2, 10 W UV power, pH 7 and a contact time of 1.5 min, with 30% the elimination of CBZ was
significantly lower than in wastewater with less than 0.03 mg/L NH4

+-N. However, the degradation
could be mainly attributed to chlorine radicals, which disagreed with the findings of this work for CBZ
(no significant difference in elimination between UV and UV/CC). The comparison of both results
demonstrates that the contact time in the UV chamber of 6–10 s is not sufficient for EC elimination
when instead of FAC only CC is present in the UV chamber influent.

Compared to UV, CC, and UV/CC treatment, the UV/FAC process was the most effective
method. Here, for many compounds (e.g., CBZ, HHCB-lactone, HHCB, benzophenone, MTBT)
the degree of elimination differed significantly from the degree of elimination by sole UV and sole
FAC treatment. It was already worked out by Rott et al. [7] that, in the dosing range of 1–6 mg/L
oxidant, the UV/H2O2 process is significantly less effective than the UV/FAC process in terms of EC
elimination. However, it is important to point out that especially in cold seasons due to insufficient
nitrification, the ammonium ion concentration in the WWTE can become so high that it becomes
impossible to achieve sufficiently high FAC concentrations in the UV chamber influent. In such
cases, the UV/chlorine AOP becomes the UV/CC AOP. The fact that the degrees of elimination
during UV/CC treatment differed insignificantly from sole UV treatment clearly indicates that the
UV/chlorine AOP is very sensitive and loses its effectiveness drastically as soon as there is no FAC
but only CC in the UV chamber influent. At lower ammonium ion concentrations, this may be
compensated by an increased dosage of Cl2. Considering by-product formation, however, at very high
ammonium ion concentrations it is questionable whether the required Cl2 dosage goes hand in hand
with the concept of environmentally friendly wastewater treatment. Furthermore, it was shown that
CC cannot be quenched with H2O2 (Section 3.1.3). The increased by-product emission can therefore
not be met with H2O2 quenching.
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3.2.3. Exp. D: Variation of Flow Rate

Figure 10 summarizes the residual concentrations of ECs in WWTE from two different experiments.

Figure 10. Emerging contaminants after treatment of WWTE by means of an AOP pilot plant as
a function of the electrical energy consumption at 3 mg/L FAC in the UV chamber influent and
subsequent quenching with H2O2. The results of two experiments are shown: variation of flow rate
between 1 and 3 m3/h at 0.4 kW UV lamp power (Exp. D) and variation of UV lamp power between 0
and 1 kW at a flow rate of 1 m3/h (taken from Rott et al. [7]). For EEO values, see Table S8.

In an experiment by Rott et al. [7] with the same pilot plant applying a flow rate of 1 m3/h and
3 mg/L FAC in the UV chamber influent, the UV power was varied between 0 and 1 kW. In Exp. D
of this study, both the UV power and the FAC concentration in the UV chamber influent were kept
constant at 0.4 kW and 3 mg/L, whereas the flow rate of the pilot plant was varied between 1 and
3 m3/h. The results of both experiments are shown as a function of the electrical energy consumption.

For many of the ECs investigated, it can be seen very well that the degree of elimination was
negatively influenced by higher flow rates, i.e., lower electrical energy consumption. This is obvious,
since doubling or tripling the flow rate is accompanied by shortening the contact time in the UV
reactor by half and to one third, respectively. Increased UV power at a constant flow rate, i.e., higher
electrical energy consumption, had a positive effect on the degree of EC elimination. Thus, applied
over the electrical energy consumption, the results of two relatively different experiments proved to fit
well together.

Compared to sole FAC dosage of 3 mg/L (0 kWh/m3), a significant improvement in the
elimination of several ECs was achieved by addition of UV light. The ECs AHTN, HHCB-lactone,
benzophenone, HHCB and CBZ were best eliminated with >50 percentage points (p.p.) difference
between sole Cl2 and UV/Cl2 treatment. 40–50 p.p. differences were achieved for DEET, tramadol,
lidocaine and DCF. Between 0.13 and 1.00 kWh/m3, the differences in the elimination of most ECs
were small. Within this range, the variation of electrical energy consumption had the greatest effect on
the ECs benzophenone, DEET and AHTN with more than 30 p.p. difference between the minimum
and maximum degree of elimination. The smallest influence with less than 12 p.p. difference was
found for diphenhydramine, DCF, and bisphenol A. However, this number is so low because even at
very low electrical energy consumption high degrees of elimination already prevailed and a large leap
to 100% elimination was therefore not possible.

The question remains whether the slightly increased CC concentration of up to 3.9 mg/L due to
the increase of NH4

+-N concentration in WWTE up to 0.57 mg/L (Table 1) towards the end of Exp.
D influenced the EC elimination yields. Although in Exp. A for tap water matrix it was shown that
chloramines may contribute to a greater EC elimination, in Exp. C it was observed for WWTE matrix
with almost all ECs that CC in combination with UV light did not contribute significantly to a greater
EC elimination.
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4. Conclusions

Many influencing factors such as increased ammonium ion concentrations or increased COD
values in WWTE have a negative effect on the maintenance of FAC in the UV chamber influent,
which, as experiments of this work showed, is essential for the UV/chlorine AOP to effectively
eliminate ECs. Within the electrical energy consumption range tested (0.13–1 kWh/m3), a stable
EC elimination performance of the UV/chlorine AOP can therefore not be maintained regularly
throughout the year. To meet this problem, additional treatment steps would be a way of maintaining
a good elimination performance. One possibility is to operate the UV AOP system with NaOCl only
in the case of low ammonium ion concentrations and to dose H2O2 (UV/H2O2 AOP) instead of
NaOCl at elevated ammonium ion concentrations, although in this case the EC elimination yields may
decrease significantly [7]. In any case, the installation of an activated carbon stage downstream of the
UV/chlorine AOP is recommended due to significant formation of adsorbable organohalogens (AOX)
in the UV/chlorine AOP [7]. Since the entire process technology strongly depends on the fluctuating
wastewater composition, for an immediate reaction to these changes, a very advanced control
technology and process engineering would be required. Despite these issues, the UV/chlorine AOP
has advantages over the UV/H2O2 AOP in terms of EC removal, hygienization and total estrogenic
activity elimination [7]. Hence, further research at pilot scale would have to investigate whether shorter
contact times between the chlorine dosing point and the UV chamber or higher UV lamp powers might
contribute to weaker by-product formation and a more stable EC elimination performance.

Supplementary Materials: Supplementary calculations, figures and tables are available online at http://www.
mdpi.com/1660-4601/15/6/1276/s1. Table S1: Initial concentrations of emerging contaminants in all experiments
with WWTE. Table S2: Results of least squares method to determine the contact time between Cl2 dosage point
and Cl2 measuring cell. Table S3: Calculation of contact time between Cl2 dosage point and UV chamber influent.
Table S4: Results of least squares method to determine the kinetic rate constant kHOCl–COD. Table S5: Determination
of regression curves to determine the required Cl2 dosage for 3 mg/L FAC in the UV chamber influent as a function
of NH4

+-N or COD. Table S6: Electrical energy consumption per order of compound removal EEO as calculated
from the data given in Figure 8. Table S7: Electrical energy consumption per order of compound removal EEO
(kWh/m3/order) as calculated from the data given in Figure 9. Table S8: Electrical energy consumption per
order of compound removal EEO (kWh/m3/order) as calculated from the data given in Figure 10. Figure S1:
Measured FAC concentrations in the Cl2 measuring cell as a function of the NH4

+ concentration in the pilot plant
influent in tap water matrix. Figure S2: Results of least squares method to determine the contact time between
Cl2 dosage point and Cl2 measuring cell. Approximation to measured data by changing the contact time at a fix
second order rate constant: kHOCl,NH3 = 1.3×104 M–1s–1. Figure S3: Measured FAC concentrations and calculated
FAC concentrations (k = 182 M–1s–1) in the Cl2 measuring cell as a function of the COD concentration in the pilot
plant influent (dilutions of wastewater treatment plant effluent). Figure S4: Results of least squares method to
determine the kinetic rate constant kHOCl–COD. Approximation to measured data by changing the kinetic rate
constant at a fix contact time of 5.605 s. Figure S5: Required Cl2 dosage to obtain 3 mg/L FAC in the UV chamber
influent (6.112 s contact time) in the presence either of ammonium ions or COD (the results may differ when both
are present at the same time) calculated either using the kinetic rate constants (kHOCl,NH3 = 1.3×104 M–1s–1 and
kHOCl–COD = 182.1 M–1s–1) or the inhibition ratios (4.7 mg FAC per mg NH4

+-N and 0.16 mg FAC per mg COD).
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Abstract: Wastewater treatment facilities in South Africa are obliged to make provision for wastewater
effluent quality management, with the aim of securing the integrity of the surrounding watersheds
and environments. The Department of Water Affairs has documented regulatory parameters that
have, over the years, served as a guideline for quality monitoring/management purposes. However,
these guidelines have not been regularly updated and this may have contributed to some of the
water quality anomalies. Studies have shown that promoting the monitoring of the current routinely
monitored parameters (both microbial and physicochemical) may not be sufficient. Organisms
causing illnesses or even outbreaks, such as Vibrio pathogens with their characteristic environmental
resilience, are not included in the guidelines. In South Africa, studies that have been conducted on
the occurrence of Vibrio pathogens in domestic and wastewater effluent have made it apparent that
these pathogens should also be monitored. The importance of effective wastewater management
as one of the key aspects towards protecting surrounding environments and receiving watersheds,
as well as protecting public health, is highlighted in this review. Emphasis on the significance of the
Vibrio pathogen in wastewater is a particular focus.

Keywords: wastewater effluent; Vibrio pathogens; wastewater monitoring; public health

1. Introduction

Water is a critical element and an important core for sustainable socio-economic development,
along with the eradication of poverty and health discrepancies. The need for safe drinking water and
proper sanitation management is a perennial concern for sustainable life globally [1]. Despite significant
progress that has been made in this regard, discrepancies still exist. Globally, there are approximately
2.1 billion people who lack access to quality drinking water sources, and 4.5 billion that lack proper
sanitation [2]. There are significant differences between more affluent and poorer communities,
particularly in the developing world. This crisis is further exacerbated by increasing poverty,
rapid urbanization and population growth as well as climate change, which can further stress
an often-deteriorating water and sanitation infrastructure, putting many at risk of water and sanitation
related discrepancies [3,4].

Proper management of a water treatment facility is pivotal to bettering the quality of water
consumed (drinking water) or released (wastewater) into the environment [5]. In conjunction with the
many determinants used to indicate the holistic health or quality of an area, wastewater treatment
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systems may suffice as a positive indicator of development [6]. The release of poorly treated wastewater
into nearby watersheds directly threatens the macro and micro flora and fauna present; retarding the
provision of good quality water required for societal functions [3].

Many wastewater treatment plants in South Africa still release final effluent containing significant
amounts of enteric pathogens such as the Vibrio genus, known for its environmental resilience
and relation to disease outbreaks. This results in the impairment of the surrounding receiving
water bodies [5,7,8]. Wastewater facilities are obliged to make provision for quality management of
their wastewater effluents prior to release into surrounding water bodies. There are microbial and
physicochemical parameters which are required to be routinely monitored, indicated in the water
quality guidelines; these have been the basis of water quality management and research over the years.
However, evidence suggests that the organisms causing illnesses and outbreaks are not necessarily
the ones which are routinely monitored. Studies have already indicated the need to monitor not only
the classical pollution indicators, i.e., culturable total or faecal coliforms, but also viral pathogens,
toxigenic E. coli, and highly infectious bacterial pathogens such as Vibrio. [5,8–11].

This paper focuses on sustainable wastewater management as a key approach towards protecting
receiving watersheds and ultimately public health. Moreover, it highlights the significance of the Vibrio
pathogen in wastewater, emphasizing their impact on public health and justifying the need to monitor
for this pathogen.

2. Wastewater Complexities

According to Corcoran [12], wastewater is defined as a combination of one or more of the
following: (1) domestic effluent (blackwater and greywater comprising of excreta, urine, faecal
sludge, bathing and kitchen wastewater); (2) water from institutions such as hospitals, industries
and other commercial establishments; (3) storm water and other types of urban run-off; (4) dissolved
or suspended agricultural, horticultural and aquaculture waste. The composition of wastewater in
its entirety is dependent primarily on its source, characterized by both its physicochemical content
(temperature, turbidity, pH, colour, odour, suspended solids, total dissolved solids, dissolved oxygen
(DO), biological oxygen demand (BOD), nutrients and toxic substances, organics, alkalinity, metals
and chlorides) and biological or microbial content (plants and animals, bacteria, protozoa, helminths,
viruses) [3,13,14].

The degree of environmental trauma of wastewater is directly related to its composition.
The diversity of wastewater is brought about by factors affecting it, e.g., the natural environment,
population, and/or the surrounding recreational, domestic and industrial related activities [13].
Municipal wastewater, for instance, is a combination of different inflows which include human
excrement (sewage), suspended solids, debris and an array of chemicals originating from residential
channels, industrial and commercial activities [15]; Table 1 shows some wastewater related
contaminants. These factors also subsequently affect the discharge patterns of the wastewater and could
impact on the chemical and microbial status of treated wastewater final effluent, in turn impacting on
the surrounding water bodies [3,16].
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2.1. Wastewater Treatment

The implementation of a proper treatment plant design or the selection of effective treatment
technologies depends on the nature of the wastewater to be treated [18]. Wastewater treatment
was conceptualised with the aim to enable the disposal of wastewater safely, without this water
polluting the receiving water bodies, being a danger to public health, or causing other water related
anomalies [19]. Attempted first in the 1900s, wastewater treatment is now implemented worldwide and
is continually being improved on. Globally, the treatment of wastewater is considered paramount. It is
one of the key aspects for water quality management and is deemed to provide a genuine solution to
two major challenges: (1) protecting water resources, and (2) access to sustainable water and sanitation
services [18,20]. Typically, wastewater treatment processes involve the use of physical, chemical and
biological unit operations. A summary of the operations employed is illustrated below in Figure 1:

Figure 1. Summary of wastewater treatment unit operations. Source: [18,21].

Expanding on the above unit operations, wastewater treatment undergoes the following
fundamental stages: preliminary, primary, secondary and tertiary stages [22].

2.1.1. Preliminary Treatment Process

Wastewater entering a treatment plant typically goes through preliminary treatment as the first
process of treatment. The removal of larger debris such as paper, plastic and other large floating objects,
for example, grit, and silt is performed at this stage. This stage prevents the accumulation of debris
that may damage or clog the pumps, small pipes, other equipment and downstream processes in the
treatment plant, is done at this stage. The screens are constructed from steel or iron bars and vary
from coarse, with openings of about half an inch, to fine, generally mesh screens with much smaller
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openings. Materials removed by the screens are often dangerous and are safely disposed of using
appropriate methods to a particular plant [6,23].

2.1.2. Primary Treatment Process

The primary treatment process is comprised predominantly of primary settling and sedimentation.
At this stage, wastewater still contains dissolved organic and inorganic components, as well as some
suspended solids (i.e. sand, grease, fats, oils and grit). The removal of these components at this stage is
key to avoid excessive amounts of large solids from interfering with other processes [23]. Wastewater at
this stage enters sedimentation tanks which reduce the flow rate. The flow of the wastewater becomes
almost stagnant and is held in the tank for several hours. The formation of primary sludge is apparent
at this stage, with most of the heavy solids falling to the bottom of the settling and sedimentation
tank, separating suspended solid content from the liquid component of the wastewater. In addition,
any surface floating materials can be drained off [24].

2.1.3. Secondary Treatment Process

During the secondary wastewater treatment process, the remaining suspended solids are
decomposed and the microbial load is greatly reduced [25]. Typically, this is achieved by bringing
the sewage, heterotrophic bacteria and oxygen together in trickling filters or within an activated
sludge process, where mixture occurs by mechanical agitation or though mixing by air diffusers. This
process utilizes oxygen and bacteria to stabilize the sewage, removing 85–90% of the Suspended Solids
(SS) and Biological Oxygen Demand (BOD) [26–28]. Table 2 gives an overview of commonly used
secondary wastewater treatment processes in South Africa.

2.1.4. Tertiary Treatment Process

Tertiary treatment further removes suspended solids, organic ions and nutrients such as
phosphorus and nitrogen from the wastewater prior to release into a receiving watercourse [28].
This treatment process may incorporate procedures such as filtration, phosphorus removal, ammonia
stripping and other special treatments which remove specific constituents from the wastewater.
Other modes of treatment that may be used include sand filtration, wetlands or other advanced
treatment processes. The process of disinfection improves the microbial quality of the wastewater
(ideally bringing it to standard) before release into the environment. Some well-known methods of
disinfection used in South Africa are: (1) Chemical, e.g., chlorination and ozonation; (2) Physical,
e.g., ultraviolet radiation and microfiltration; and (3) Biological, e.g., detention ponds [29].
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3. Overview of Some South African Wastewater Regulatory Legislation

“The Constitution of South Africa (Act 108, 1996) guarantees everyone the right to an environment
that is not harmful to their health or wellbeing and guarantees the right to have the environment
protected, for the benefit of present and future generations” [30]. This lays the foundation for
a more equitable society through reasonable legislative frameworks. It is the basis of all regulatory
procedures/policies that govern wastewater management, from the construction of a wastewater plant,
wastewater treatment, to the release of the final effluent [6].

The improvement of supporting legislation or strategies at par with the provision of water services
in South Africa is related directly to the primary impact of potable and wastewater on public health [6].
Some of the key legislation related to wastewater management addresses issues such as setting up
a treatment plant and release of final effluent. The regulatory legislation has been compiled in Table 3.
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4. Wastewater Management and Challenges

The paramount aim of wastewater treatment is to enable the disposal of wastewater that is not
detrimental to the environment. The implementation of proper wastewater management strategies
is not an option but an imperative in order to drive compliance with the set discharge standards.
Wastewater management strategies safeguard the sustainable quality of water sources, reducing
cost implications involved in drinking water treatment, and deterring or eradicating waterborne
diseases [8].

The Department of Water Affairs and other related Water Quality Management units/stakeholders
in South Africa, have the responsibility to ensure water quality management [32]. The Department
is accountable for the initiation and implementation of water quality policies and documentation,
such as the South African Water Quality Guidelines. The guidelines serve as the source for developing
materials to advise water users about the physico-chemical, aesthetic and biological properties of water,
and consist of the criteria for water quality, Target Water Quality Range (TWQR), and other relevant
supporting data [33]. Table 4 shows the indicators for wastewater quality management, highlighting
the limit values relevant to discharge of wastewater into a receiving water body [34].

A properly monitored and operational wastewater treatment plant is able to release effluent
well within standards, eliminating up to 90% of bacterial and viral pathogens [35]. However, despite
significant progress that has been made in relation to water quality management, anomalies in the
area of wastewater treatment still exist, with there being significant differences between those in
affluent and poorer communities [36]. Owing to factors such as the poorly functioning state and
inadequate maintenance of some wastewater treatment plants, as well as a lack of facilities to monitor
micro-pollutant content of effluent, particularly in poorer communities, the fundamental aim to
produce standardized wastewater final effluent remains unrealized in this country. Studies have
reported that several wastewater treatment plants still release effluent containing significant amounts
of enteric pathogens, in turn resulting in the impairment of the surrounding receiving water bodies
and thus posing a serious threat to public health [5,7,8,36]. Enteric pathogens are known to be resilient
in wastewater, surviving treatment processes and also being able to develop resistance to chlorine [37].

Table 4. South African National Water Act waste discharge standard guidelines.

Variables and Substances General Standards

Chemical oxygen demand 75 mg/L
Colour, odour or taste No substance capable of producing the variables listed

Ionised and unionised ammonia (free and saline ammonia) 3 mg/L
Nitrate 15 mg/L

pH 5.5–9.5
Phenol index 0.1 mg/L

Residual chlorine (Cl) 0.25 mg/L
Suspended solids 25 mg/L

Total Aluminium (Al) -
Total Cyanide (Cn) 0.02 mg/L
Total Arsenic (As) 0.02 mg/L

Total Boron (B) 1 mg/L
Total Cadmium (Cd) 0.005 mg/L

Total Chromium III (CrIII) -
Total Chromium VI (CrVI) 0.05 mg/L

Total Copper (Cu) 0.01 mg/L
Total Iron (Fe) 0.3 mg/L
Total Lead (Pb) 0.01 mg/L

Total Mercury (Hg) 0.005 mg/L
Total Selenium (Se) 0.02 mg/L

Total Zinc (Zn) 0.1 mg/L
Faecal Coliform 1000 cfu/100 mL

Source: [38].
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As mentioned in the introduction, routinely monitored microbial and physicochemical parameters
promoted by current water quality guidelines the basis of water quality management and research
may not include the organisms causing current illnesses or outbreaks. Studies have already indicated
the need to monitor not only the classical pollution indicators but also the highly infectious ones [10].
In South Africa for instance, studies conducted on the occurrence of Vibrio pathogens in domestic
water and wastewater effluent have made this apparent. A few recent examples are mentioned below.

In a study assessing the prevalence of disease-causing enteric pathogens in rural communities of
Nkonkobe, South Africa, 25% of the bacterial isolates obtained from both ground water and surface
water samples were confirmed to have toxigenic Vibrio cholerae [39]. A previous study on distribution
of diarrhoea and microbial quality of domestic water in Khandanama River, Tshikuwi, South Africa,
reported indicator microbial counts, which included heterotrophic bacteria, enterococci, total and
faecal coliforms [9], exceeding the limits of no risk as indicated by the South African water quality
guidelines for domestic use. Further analysis conducted also revealed a high presence of Shigella, Vibrio
and Salmonella species in the Khandanama River.

Dungeni et al. [8] further reported on four wastewater treatment plants located in Gauteng
Province which had recordings of Vibrio cholerae among other related pathogenic bacteria such as
Escherichia coli and Salmonella typhimuriam. The presence of Vibrio pathogens in wastewater final
effluents has also been found in studies conducted and published by members of the Applied
and Environmental Microbiology Research Group (AEMREG) from the University of Fort Hare,
South Africa. In a study published in 2010, the Vibrio strains V. parahaemolyticus, V. metschnikovii,
V. fluvialis and V. vulnificus were obtained from wastewater final effluent from a rural community in
the Eastern Cape of South Africa [40]. In a comprehensive study conducted in 2012 by Nongogo
and Okoh [5], on the occurrence of Vibrio pathogens in final effluents from 5 wastewater treatment
plants, in the Chris Hani District area in the Eastern Cape Province, South Africa, different species
of Vibrio were confirmed from 310 isolates, including V. parahaemoliticus, V. vulnificus and V. fluvialis.
A study on the presence of Vibrio pathogens in final effluents conducted on 14 wastewater treatment
plants in the Chris Hani and Amathole district Municipalities, South Africa, reported the presence of
Vibrio pathogens in most of the wastewater effluent samples in all seasons. Up to 66.8% of the isolates
obtained were confirmed to belong to the Vibrio genus [11].

5. Some Vibrio Pathogens in Wastewater Final Effluents in South Africa

The Vibrio genus belongs to the family Vibrionaceae, which consists of opportunistic
pathogens that affect humans and animals. Common inhabitants of marine coastal ecosystems,
it is documented that their changing populations result from changes in seawater temperature in
conjunction with warmer temperatures and algal blooms which decline with cooler temperatures.
However, their adaptability to adverse conditions is also notably responsible for their presence in
other environments such as sewage [8,41,42]. The wide distribution of the Vibrio genus in effluent
environments, particularly those associated with domestic sewage has been strongly promoted by
their ability to adapt to adverse conditions [43]. Studies have confirmed the association with and
resilience of the Vibrio genus in wastewater, as they survive and thrive in the harsh conditions of
the effluent (despite the various chemical, biological and physical characteristics); this in turn often
causes a ripple-like effect of inconsistencies in the receiving water-bodies and the environment as
a whole [11,44,45].

Vibrio cholerae is responsible for the most common form of Vibrio pathology, and results in the
gastrointestinal disease cholera through the release of enterotoxins, which causes an efflux of important
cell nutrient including sodium and water, leading to diarrhoea and dehydration. V. cholera is classified
into two serotypes, O1 and nonO1 [46]. The O1 strain is further divided into two biotypes, Classical and
ElTor. The biotype ElTor is known to be an emerging causative for V. cholerae in humans. Transmitted
mostly via the faecal-oral route, cholera has two distinctive features: (1) its propensity to appear and
cause sporadic outbreaks/epidemics, and (2) its ability to cause pandemics that spread over many
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countries over a period of many years [47]. Griffith et al. [48] report that the World Health Organisation
receives hundreds of thousands of case reports every year, with these cholera-related epidemics
reportedly mostly threatening the developing world. Contaminated wastewater has been associated
with the spread of cholera. This is further validated by the high incidence of V. cholerae in water samples
from various studies, indicating that they are natural inhabitants of aquatic environments [5,11,49].

Vibrio vulnificus is known to be extremely virulent and causes three types of infections:
(1) severe gastroenteritis from consumption of raw or undercooked seafood; (2) necrotizing
wound infections when injured skin is exposed to contaminated water for instance, marine water;
and (3) intrusive septicaemia, which is caused when the bacterium invades the blood stream (this is
80 times more likely in immune-compromised individuals such as those with liver disease, such as
haemochromatosis [50–53]. Igbinosa et al. [44] reports that V. vulnificus can survive in wastewater
effluents even after chlorination, supporting the likelihood of finding it in the receiving waterbodies
and surrounding environments after treatment.

Vibrio fluvialis causes cholera-like bloody diarrhoea, wound infection and primary septicaemia
(prevalent in individuals with a weakened immune system) world-wide [45]. V. fluvialis infections are
mostly found in areas exposed to increased levels of faecal contaminated food such as contaminated
seafood products and water supplies [54]. It may also be transmitted by person-to-person contact [55].
Okoh et al. [40] reports that the association of V. fluvialis with low standards of living, inadequate
water supply, and poor sanitary conditions have become significant over time.

Vibrio mimicus is a Vibrio species that mimics V. cholerae. It also is known to cause gastroenteritis
transmitted from eating raw sea food. In very rare occurrences, in instances where V. mimicus is carrying
the genes encoding for cholera toxin, it can cause severe watery diarrhoea [55]. Vibrio alginolyticus
is known for its prevalence in sea water, causing otitis (ear infection), wound infection (skin ulcers),
gastroenteritis, blood poisoning (septicaemia), food intoxication and haemorrhaging in humans [56].
Vibrio parahaemolyticus has been indicated in the literature to cause acute gastroenteritis, diarrhoea and
abdominal pain in individuals who consume unclean seafood (usually raw or undercooked sea food)
and, less commonly, wound infections through exposure to sea water.

As mentioned earlier, the presence of Vibrio pathogens in wastewater, even those cases
documented in predominantly salt water or Vibrio pathogens in sea food-related cases, is notable due
to their ability to acclimatise quickly to fluctuating environmental conditions. This positions Vibrio as
an emerging pathogen with implications for public health [57].

6. Monitoring of Pathogenic Vibrio in Wastewater

The significance of monitoring wastewater effluents has over time become evident due to the
presence of microbial pathogens that are considered environmental contaminants or precursors to
health-related discrepancies. The process of wastewater treatment may remove most pathogens,
but many still remain and are discharged into the effluent, which in turn affects the receiving
water bodies and the environment as a whole [58]. In South Africa, the presence of environmental
contaminants in wastewater effluents is not unusual, with notable significant differences between
effluent in affluent and poorer communities [36].

In conjunction with classical microbiological indicators, the need to monitor outbreak-related
pathogens, for example, viral pathogens, protozoa, toxic E. coli, highly infectious bacterial pathogens
such as Vibrio spp., etc., as well as the need to perform direct analysis of specific pathogens of concern
is paramount. These pathogens are notably more resilient in the environment with devastating effects.
In wastewater for instance, these pathogens are able to withstand wastewater treatment processes,
as well as lie dormant or survive for long periods of time. [36].

6.1. Conventional Methods

Phenotypic techniques are often used for identifying and enumerating Vibrio species.
Culture-based techniques may include the pre-enrichment of samples in selective media, plating on to
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selective media followed by morphological and biochemical characterization [59,60]. For wastewater,
for instance, the membrane filter technique is often used. In this technique, a water sample is filtered
using a sterile filter with a 0.45 mm pore size, which will help retain bacteria, followed by placing of the
filter on a selective medium such as thiosulphate citrate bile salts sucrose (TCBS) agar and appropriate
incubation (at 37 ◦C for 24–48 h), after which typical colonies (green and yellow) will be enumerated
on the filter [61]. Table 5 indicates the typical morphology of Vibrio pathogens when grown on TCBS
agar. A predominant flaw in the membrane filter technique is that it is not able to recover injured
bacteria, as a number of chemical and physical factors in the wastewater treatment processes, as well
as disinfection, can cause sub-fatal injury to pathogens of interest, resulting in the lack of formation of
clear and visible colonies on selective media. This shortcoming is often curbed by a pre-enrichment
step using a broth, like alkaline peptone [61].

Table 5. Typical morphology of presumptive Vibrio pathogens grown on thiosulphate citrate bile salts
sucrose (TCBS) agar.

Vibrio Pathogen Colony Morphology (Colour)

Vibrio cholerae Large yellow colonies
Vibrio vulnificus Yellow-Greenish yellow colonies
Vibrio fluvialis Yellow colonies
Vibrio mimicus Green colonies

Vibrio parahaemolyticus Blue colonies with green centres
Vibrio alginolyticus Large yellow colonies

Source: [62].

6.2. Molecular Methods

The use of molecular methods for identification and quantification of pathogens, as well as rapid
and sensitive characterization of bacteria with unique growth or biochemical requirements, may be
seen as a valid alternative approach to the conventional or culture-based methods. Studies have shown
that molecular methods are able to detect even the lowest mass of bacteria, and even those that are
viable but non-culturable [63,64]. These techniques are also reportedly sensitive towards new emergent
strains and indicators, such as Vibrio pathogens [58,65,66]. Considering the increasing importance of
Vibrio spp. in conjunction to the environment and public health as a whole, the molecular method is
an acceptable and reliable alternative technique for routine microbial screening and monitoring of
environmental and food samples. These methods may also be used in the refinement and evaluation
of disease and non-disease causing bacterial strains [58].

The Polymerase Chain Reaction (PCR)-based technique is one of the well-known molecular
techniques used to amplify specific DNA sequences; however, PCR-based assays cannot differentiate
between live and dead cells. Other regularly used molecular approaches for Vibrio species identification
are Real-Time PCR, Restriction Fragment Length Polymorphism (RFLP), Microarrays, Multilocus
Enzyme Electrophoresis (MLEE), Fluorescence in Situ Hybridization, Multilocus Sequence Typing
(MLST), Ribotyping and Amplified Fragment Length Polymorphism (AFLP) [66].

7. Implications of Pathogenic Vibrio for Public Health

Enteric pathogens have been documented to cause many of the disease outbreaks that occur
worldwide. Pathogenic Vibrio, for instance, is becoming a cause for great concern, especially
considering the extent to which infections by these organisms are increasing globally. This is
accentuated by the constant environmental changes like warmer waters due to climate change.
Vibrio-related infections are responsible for some of the most deadly and costly food- and water-borne
diseases [48].
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Due to the severity of disease caused by Vibrio cholerae, it has been the focus of recent Vibrio
species water related research [67]. However, over the last decade the relevance of the more minor
Vibrio species has become significant. Some studies have reported a few Vibrio species of medical
importance, which are being described as emerging pathogens that are able to cause mild to severe
human diseases [60].

Brief Epidemiology of Diarrheal/Vibrio Pathogen-Related Health Cases in South Africa

Documented cholera outbreaks in South Africa date back as far as the 1980s, when sporadic
outbreaks occurred. The beginning of the worst cholera epidemic, however, was experienced
in August 2000, culminating to the deaths of 232, and the infection of about 106,389 people
nationwide. The epidemic traversed Kwazulu-Natal, Gauteng, Mpumalanga and the Northern
Province. The 2000/2001 epidemic subsided with 3901 reported cases and 45 deaths in Mpumalanga,
Eastern Cape and Kwazulu-Natal in 2003. In 2004, 1773 cases of cholera infections and 29 deaths
were reported in Mpumalanga’s Nkomazi Region. In the same year, the Eastern Cape had reports of
738 people who were diagnosed with cholera, with four fatalities. Two deaths were also reported in the
North West, with 260 cases of infection [68–70]. In 2007, 80 diarrhoea-related child deaths occurred in
the Eastern Cape, in the Greater Barkly East Area, Ukhahlamba District Municipality [71]. Cholera was
confirmed as being endemic in South African water resources by a spokesperson from the South
African ministry of health in 2009 [72].

The Limpopo Province is prone to disease outbreaks, especially during rainy seasons, with reports
of cholera and malaria being predominant. In 2014, it was reported that at least 45 people were
admitted to Voortrekker Hospital after contracting diarrhoea. Nine of those admitted to hospital were
in a critical condition. Contaminated water or food was suspected to be the source of the outbreak [73].

During the same year, an outbreak of diarrhoea was reported in Fort Beaufort and the surrounding
areas, with some deaths and many hospitalizations; residents credited the incident to poor water
quality supplied by the municipality [74]. Another outbreak causing infant mortalities was reported in
Upington in the same year [75].

There was a contaminated water related scare in Chris Hani District Municipality in the Cradock
area in 2015, with thirteen people, including two four-year-olds, treated at the Cradock hospital for
gastroenteritis. Although cause of disease was not confirmed, the Health24 resident doctor Dr Heidi
van Deventer was of the opinion that the disease could have been caused by either viral or bacterial
sources [76].

8. Conclusions

Public health discrepancies related directly to water and sanitation in South African are taking
centre stage. Emerging outbreak-related pathogens such as Vibrio are of importance due to their
catastrophic health related implications. It is apparent that there is a need to monitor these pathogens.
In the context of wastewater management, the need to perform direct analysis of specific pathogens
of concern over and above the routinely monitored classical microbiological indicators is evident.
Many of the outbreak-related pathogens present in wastewater do not form part of the routinely
monitored indicators. Identifying key techniques/methods that can be used for the detection of
Vibrio pathogens is needed for good public health. Recommendations have been made, following
the detection of pathogenic vibrio species in wastewater treatment plants, to enforce environmental
regulations and safeguard the impairment of receiving water bodies. However, proactive strategies
should be employed to ensure effective monitoring of pathogenic vibrio species in the plants through
efficient management that complies with set guidelines.
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Abstract: Effluent of a municipal wastewater treatment plant (WWTP) was treated on-site with the
UV/chlorine (UV/HOCl) advanced oxidation process (AOP) using a pilot plant equipped with
a medium pressure UV lamp with an adjustable performance of up to 1 kW. Results obtained from
parallel experiments with the same pilot plant, where the state of the art UV/H2O2 AOP was applied,
were compared regarding the removal of emerging contaminants (EC) and the formation of adsorbable
organohalogens (AOX). Furthermore, the total estrogenic activity was measured in samples treated
with the UV/chlorine AOP. At an energy consumption of 0.4 kWh/m3 (0.4 kW, 1 m3/h) and in
a range of oxidant concentrations from 1 to 6 mg/L, the UV/chlorine AOP had a significantly higher
EC removal yield than the UV/H2O2 AOP. With free available chlorine concentrations (FAC) in the
UV chamber influent of at least 5 mg/L (11 mg/L of dosed Cl2), the total estrogenic activity could
be reduced by at least 97%. To achieve a certain concentration of FAC in the UV chamber influent,
double to triple the amount of dosed Cl2 was needed, resulting in AOX concentrations of up to
520 µg/L.

Keywords: AOP; AOX; emerging contaminants; estrogenic activity; UV/chlorine; UV/H2O2

1. Introduction

Anthropogenic compounds have been detected in wastewater treatment effluent, surface water,
and ground water over the last years [1–6]. Many compounds, referred to as emerging contaminants
(ECs), are brought into the environment by the disposed effluent of municipal wastewater treatment
plants (WWTP) due to their stability against biological decomposition. These compounds may
endanger aquatic life forms and, ultimately, humans via the food chain. Some endocrine disrupting
compounds (EDCs) interfere with the hormone system [7]. After exposure, some compounds may
cause cancer in humans [8]. Therefore, an obligatory, additional treatment step in WWTPs will
be required.

Today, numerous alternative treatment methods for the removal of these compounds have been
considered, including activated carbon treatment [9,10] or membrane filtration [11,12]. The advanced
oxidation process (AOP) is a modern solution for the reduction of EC concentrations in wastewater
treatment plant effluent (WWTE) [13]. In UV/AOP, an oxidant is dosed to the WWTE and
activated by UV radiation to form highly reactive and unselective hydroxyl radicals (•OH). Hence,
organic pollutants can be oxidized to CO2 and H2O or at least rendered biodegradable for subsequent
natural degradation. State of the art oxidants are hydrogen peroxide (H2O2) and ozone (O3) [14,15].

Int. J. Environ. Res. Public Health 2018, 15, 935; doi:10.3390/ijerph1505935 www.mdpi.com/journal/ijerph



Int. J. Environ. Res. Public Health 2018, 15, 935

UV/chlorine AOP is a promising alternative. In previous studies [16–20], good removal rates
for specified ECs have been observed, with prospects of economic advantages and a better energy
saving potential compared to state of the art UV/AOP implementations. The actual oxidizing effect
of dissolved sodium hypochlorite (NaOCl) is based on the formation of hypochlorous acid (HOCl).
The transformation of chlorine (Cl2) in an aqueous solution into hypochlorous acid and hydrochloric
acid (HCl) is shown in Equation (1) [21]. The dissociation of hypochlorous acid into hypochlorite
anions (ClO−) is pH dependent (Equation (2)) (pKa = 7.5) [22]. ClO− is a less effective oxidant, which is
why at higher pH values the oxidation capability decreases [23]. In samples with pH values around 7,
the predominant species is HOCl [23].

Cl2 + H2O −→ HOCl + Cl− + H+ (1)

HOCl −→ ClO− + H+ (2)

In the UV/chlorine process, inter alia, •OH and Cl• radicals are formed. Among others,
the following reactions occur [24–26]:

HOCl + UV photons −→ •OH + Cl• (3)

ClO− + UV photons −→ •O− + Cl• (4)

•O− + H2O −→ •OH + OH− (5)

However, little research has been done in the study of UV/chlorine AOP treatment on wastewater
at pilot scale. In this study, a continuous flow UV pilot plant was placed on the premises of a wastewater
treatment plant. The goal was to examine the on-site feasibility of the UV/chlorine AOP applied to
municipal WWTE.

2. Materials and Methods

2.1. Experimental Concept

The pilot plant, equipped with a medium pressure UV chamber with a maximum effective power
of 1 kW, processed 1 m3/h in all experiments. The gas pressure inside the UV lamp has a significant
influence on the spectral emittance of mercury. In comparison to low pressure UV lamps, which emit at
one single wavelength (254 nm), medium pressure UV lamps emit at a broader spectrum (200–400 nm).
When free chlorine (HOCl and ClO−) is dosed to wastewater, it can partially or fully react with
wastewater components. The remaining active free Cl2 is mostly referred to as “free available chlorine”
(FAC). In UV/chlorine experiments of this work, NaOCl solution was dosed to obtain the desired
FAC concentrations in the UV chamber influent. In the case of an incomplete reaction of FAC in the
UV chamber, “residual free chlorine” (RFC) in the UV chamber effluent could occur. This RFC was
quenched according to Equation (6) [27] and Equation (7) [28] by means of an additional dosage of
H2O2 downstream of the UV chamber.

HOCl + H2O2 −→ Cl− + H2O + O2 + H+ (6)

Cl• + H2O2 −→ Cl− + HO2• + H+ (7)

In parallel UV/H2O2 experiments, the oxidant dosed was H2O2 to allow for comparisons with
the state of the art UV/H2O2 AOP. Two experiments were carried out, in which different experimental
conditions were applied (no UV and no oxidant dosage; sole UV treatment; sole FAC or H2O2 treatment;
and combinations out of UV, FAC and H2O2) as follows:

• Experiment 1: Variation of UV energy consumption (0.0, 0.4, 0.7, and 1.0 kWh/m3) at 0 and
3 mg/L oxidant concentrations (FAC or H2O2).
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• Experiment 2: Variation of oxidant concentration (1–6 mg/L FAC or H2O2) at 0.4 kWh/m3 UV
energy consumption.

Besides the removal of emerging contaminants, other impacts were examined. This was done
with the aim to get a wide spectrum of the influence of the UV/chlorine and UV/H2O2 AOPs on
WWTE using a continuous flow pilot plant. Cumulative effects on the WWTE were considered with
the analysis of the bacterial count (in Supplementary Data), the total estrogenic activity, the formation
of adsorbable organohalogens (AOX), combined Cl2 and chlorine oxyanions.

2.2. Chemicals and Reagents

NaOCl solution (14% active chlorine) was purchased from VWR International (Radnor, PA, USA) and
H2O2 solution (35% technical grade) was received from Siemens Water Technologies (Günzburg, Germany).
Sodium thiosulfate (Na2S2O3·5H2O, ≥99%) was purchased from Carl Roth (Karlsruhe, Germany)
and nitric acid solution (65%, p.a.) was purchased from Merck (Darmstadt, Germany).
N,N-diethyl-p-phenylenediamine (DPD) was contained in powder pillows obtained by Hach
(Berlin, Germany).

2.3. Wastewater Treatment Plant Effluent (WWTE) and Emerging Contaminants (ECs)

The state of the art municipal Treatment Plant for Education and Research (LFKW, Lehr- und
Forschungsklärwerk) (primary clarifier, activated sludge treatment: denitrification/nitrification,
P precipitation, secondary clarifier, micro sieves) lies on the premises of ISWA next to Büsnau, a district
in Stuttgart, Germany. The average amount of treated wastewater in a year is about 900,000 m3 with
a capacity of 30 L/s (9000 population equivalents). The raw wastewater of the LFKW is a mixture of
domestic wastewater with a relatively high organic load and wastewater which is less concentrated
from the university grounds. With the last treatment step of the LFKW, the water is filtered via micro
sieves (15–20 µm pore size).

In Table 1, the initial parameter values c0 of the UV pilot plant influent for both AOP experiments
are shown. The UV/H2O2 experiments were performed two months after the UV/chlorine
experiments. Thus, both WWTEs differed slightly from each other. Nevertheless, apart from the
temperature most of the parameters were very similar.

Table 1. Initial parameter values c0 measured in WWTE reference samples collected in both UV/chlorine
AOP and UV/H2O2 AOP experiments (n. m.: not measured; COD: chemical oxygen demand; DOC:
dissolved organic carbon; EEQ: 17β-estradiol equivalent; AOX: adsorbable organohalogens; * only
one determination).

Parameter
Variation of UV Energy Consumption

between 0 and 1 kWh/m3 (Experiment 1)
Variation of Oxidant Concentration at 0.4 kWh/m3

(Experiment 2)

0 and 3 mg/L FAC 0 and 3 mg/L H2O2 1–4 mg/L FAC 5–6 mg/L FAC 1–6 mg/L H2O2

Temperature (◦C) 14.9 18.9 14.6 14.8 19.5
pH 7.0 7.0 7.0 7.0 7.0

COD (mg/L) 17.8 ± 1.3 20.4 ± 1.8 23.6 ± 0.3 23.2 ± 0.1 21.3 ± 0.8
DOC (mg/L) 5.8 ± 0.9 5.9 ± 0.3 6.0 ± 1.1 6.9 ± 0.2 5.5 ± 0.1

NH4
+-N (mg/L) <0.15 <0.11 <0.1 <0.1 <0.1

EEQ (ng/L) 1.83 ± 0.28 n. m. 3.92 ± 0.31 1.77 ± 0.25 n. m.
AOX (µg/L) 12 * 25 ± 1 21 ± 5 25 ± 5 22 ± 8

ClO2
− (mg/L) n. m. n. m. n. m. <0.20 n. m.

ClO3
− (mg/L) n. m. n. m. n. m. <0.06 n. m.

ClO4
− (mg/L) n. m. n. m. n. m. <0.13 n. m.

In Figure 1, an overview of the ECs analyzed in this study is given. ECs can be found in WWTE in
various concentrations depending on the sampling time. In this study, the initial concentrations varied
from 0.04 to 2.6 µg/L (Table 2). Most of the initial concentrations did not differ significantly between the
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experiments. Exceptions were the insect repellent DEET (0.04–1.99 µg/L) and the organophosphorous
compound TCEP (0.35–1.76 µg/L).Int. J. Environ. Res. Public Health 2018, 15, x FOR PEER REVIEW  4 of 18 

 

 
Figure 1. Overview of analyzed emerging contaminants with CAS numbers (based on [29]). 
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Figure 1. Overview of analyzed emerging contaminants with CAS numbers (based on [29]).

Table 2. Initial EC concentrations c0 measured in WWTE reference samples collected in both
UV/chlorine AOP and UV/H2O2 AOP experiments (three samples with single determination).

Emerging Contaminant (µg/L)

Variation of UV Energy Consumption
between 0 and 1 kWh/m3 (Experiment 1)

Variation of Oxidant Concentration at 0.4 kWh/m3

(Experiment 2)

0 and 3 mg/L FAC 0 and 3 mg/L
H2O2

1–4 mg/L FAC 5–6 mg/L FAC 1–6 mg/L H2O2

Carbamazepine 0.47 ± 0.00 0.48 ± 0.02 0.75 ± 0.02 0.83 ± 0.02 0.43 ± 0.02
Diclofenac 1.16 ± 0.02 2.28 ± 0.09 2.15 ± 0.08 2.55 ± 0.18 1.83 ± 0.14

Bisphenol A 0.77 ± 0.00 0.61 ± 0.04 0.85 ± 0.02 0.57 ± 0.30 0.53 ± 0.12
HHCB 1.20 ± 0.01 1.14 ± 0.02 1.24 ± 0.03 1.19 ± 0.06 1.12 ± 0.02

HHCB-lactone 1.33 ± 0.02 1.21 ± 0.03 1.61 ± 0.05 1.56 ± 0.09 1.20 ± 0.08
AHTN 0.16 ± 0.00 0.14 ± 0.00 0.18 ± 0.01 0.18 ± 0.01 0.14 ± 0.01
MTBT 0.24 ± 0.00 0.29 ± 0.01 0.24 ± 0.01 0.22 ± 0.03 0.28 ± 0.01
DEET 0.08 ± 0.00 1.99 ± 0.01 0.05 ± 0.00 0.04 ± 0.01 0.28 ± 0.02

Benzophenone 0.14 ± 0.00 0.20 ± 0.00 0.12 ± 0.00 0.13 ± 0.02 0.21 ± 0.01
4t-Octylphenol 0.04 ± 0.00 0.04 ± 0.00 0.04 ± 0.00 0.05 ± 0.01 0.03 ± 0.00

4-Nonylphenols 1.93 ± 0.03 1.67 ± 0.06 1.65 ± 0.13 1.55 ± 0.24 2.01 ± 0.12
Lidocaine 0.12 ± 0.01 0.22 ± 0.00 0.27 ± 0.00 0.23 ± 0.01 0.17 ± 0.01
Tramadol 0.11 ± 0.01 0.17 ± 0.01 0.16 ± 0.01 0.09 ± 0.02 0.21 ± 0.02

Diphenhydramine 0.25 ± 0.01 0.25 ± 0.01 0.22 ± 0.01 0.27 ± 0.02 0.24 ± 0.01
TCEP 1.06 ± 0.02 0.69 ± 0.02 1.76 ± 0.03 0.35 ± 0.04 1.27 ± 0.16
TCPP 0.91 ± 0.05 1.56 ± 0.05 1.42 ± 0.02 1.66 ± 0.22 1.17 ± 0.09

2.4. UV Pilot Plant

The pilot plant (Figure 2) was placed in a hall where the micro sieves of the LFKW are situated. It was
fed with the effluent of the micro sieves using an eccentric screw pump (Moineau pump) with the flow
rate of 1 m3/h. The untreated reference sample (c0) could be collected from a tap behind the variable area
flowmeter. In UV/chlorine AOP experiments, chlorine was dosed from a NaOCl stock solution (5–10 g/L
free Cl2) with a peristaltic pump (0.08–4 L/h). In UV/H2O2 AOP experiments, this peristaltic pump was
used for the dosage of H2O2 stock solution (5–10 g/L H2O2). The NaOCl (or H2O2) dosed water passed
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a static mixer to guarantee an extensive mixing through turbulence. The temperature, the pH (single junction,
combination electrode sensor) and the FAC concentration (potentiostatic electrode amperometry sensor) of the
UV chamber influent were determined by two membrane sensors (Wallace & Tiernan, Günzburg, Germany).
At a flow rate of 1 m3/h, the contact time of chlorine until reaching the UV chamber was about 4.6–6.4 s.
The brand-new immersion UV lamp (Wallace & Tiernan Barrier M35, type: WTL 1000, Siemens Water
Technologies, Günzburg, Germany), protected by a quartz sleeve with a thickness of 1 mm and cut-off at
200 nm wavelength, was installed in a stainless steel chamber. The quartz sleeve could be cleaned by pushing
an attached rubber ring back and forth. The irradiance could be controlled by a UV signal visualized on
the cabinet determined by a 4–20 mA UV sensor (signal in W/m2). The approximate contact time in the
UV chamber was 6–10 s. Downstream of the UV chamber, H2O2 could be dosed to the water to quench
RFC in the pilot plant effluent and make it thus less harmful. In UV/H2O2 experiments, no H2O2 dosage
was performed here. The focus of this study was on the technical feasibility of the UV/chlorine process by
applying a continuous flow pilot plant. Therefore, the peristaltic pump for quenching agent dosage was
mainly operated in automatic mode. This H2O2 dosage was automatically controlled by means of a chemical
feed analyzer (for the RFC concentration) and process controller (MFC Analyzer/Controller) from Wallace
& Tiernan (the RFC concentration of the pilot plant effluent was determined downstream of two further
static mixers in a measuring cell with a potentiostatic electrode amperometry sensor). The FAC concentration
could vary during an experiment while the H2O2 dosage was running and the experiments were limited in
time. It was therefore not possible to determine the RFC concentration on a regular basis in case of missing
H2O2 dosage. This aspect is therefore not addressed in this article. The contact time of the quenching agent
from its dosage point to the effluent of the pilot plant was approximately 4.8–6.7 s. The treated sample (c)
was collected from a second sampling tap. A control valve at the effluent was used to adjust the pressure
in the system to enable a uniform distribution of water into all outgoing branches of the measuring cells of
the pilot plant. At a flow rate of 1 m3/h, the approximate flow time from the pilot plant influent to the pilot
plant effluent was 25–29 s.
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Figure 2. Technical scheme of the UV/chlorine AOP and UV/H2O2 AOP pilot plant used in the experiments.

2.5. Experimental Procedure

2.5.1. Variation of UV Energy Consumption at 0 and 3 mg/L Oxidant Concentrations (Experiment 1)

The UV/chlorine AOP and the UV/H2O2 AOP were compared in this experiment. At first, the flow
rate was adjusted to 1 m3/h. The oxidant concentration of 3 mg/L FAC or 3 mg/L H2O2 as well as the
quenching agent dosage (not in UV/H2O2 AOP) was set. As soon as the pilot plant had reached a state of
equilibrium (desired oxidant concentration achieved; no RFC measured in the pilot plant effluent), three
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reference samples (c0) and the first three treated samples (c) (3 mg/L oxidant, 0.0 kWh/m3) were taken
from the sampling taps (separate bottles per analysis parameter). Then, the UV lamp was switched on
and set to 0.4 kW. When the UV signal had stabilized, the next three treated samples were taken (3 mg/L
oxidant, 0.4 kWh/m3, 90 ± 10 W/m2). Next, the UV lamp was set to 0.7 kW, and after 5 min, the next
three treated samples were taken (3 mg/L oxidant, 0.7 kWh/m3, 140 ± 10 W/m2). This procedure was
repeated with 1.0 kW (3 mg/L oxidant, 1.0 kWh/m3, 185± 15 W/m2). Then, the dosage of oxidant and
quenching agent was switched off while the UV lamp was still running at 1.0 kW. After 10 min, the next
three treated samples were collected (0 mg/L oxidant, 1.0 kWh/m3, 185 ± 15 W/m2). Subsequently,
the UV lamp was set to 0.7 kW, and after 10 min, the next three treated samples were taken (0 mg/L
oxidant, 0.7 kWh/m3, 140 ± 10 W/m2). This procedure was repeated with 0.4 kW (0 mg/L oxidant,
0.4 kWh/m3, 90± 10 W/m2). Finally, the UV lamp was switched off. After a further 10 min, three control
samples (0 mg/L oxidant, 0.0 kWh/m3) could be taken. During all settings, only small pH drifts with
a maximum pH of 7.6 were measured in the pilot plant effluent.

2.5.2. Variation of Oxidant Concentration at 0.4 kWh/m3 UV Energy Consumption (Experiment 2)

In this experiment, the UV/chlorine AOP and the UV/H2O2 AOP were compared at 0.4 kWh/m3

UV energy consumption and varying oxidant concentrations (1–6 mg/L). At first, the flow rate was
adjusted to 1 m3/h. Next, the UV lamp was switched on and set to 0.4 kW while the desired oxidant
concentration (1 mg/L) and quenching agent dosage (not in UV/H2O2 AOP) was set. After at least
5 min, the pilot plant had reached a state of equilibrium (desired oxidant concentration achieved;
no RFC measured in the pilot plant effluent; stable UV signal in the range of 90 ± 10 W/m2). Samples
were then taken: For each analysis parameter, first, three sample bottles were filled with reference
sample (c0) consecutively from a sampling tap. Subsequently, for each analysis parameter, three sample
bottles were filled with treated sample (c) from a different sampling tap at the effluent of the pilot plant.
Then, the next desired oxidant concentration of 2 mg/L was set while the UV lamp was still running.
When the pilot plant had reached a state of equilibrium, the treated samples could be collected in the
same way as described above. These steps were repeated for the oxidant concentrations of 3, 4, 5 and
6 mg/L. During all settings, only small pH drifts with a maximum pH of 7.6 were measured in the
pilot plant effluent.

2.6. Analytical Methods

2.6.1. Free Cl2, Combined Cl2, Total Cl2

Cl2, HOCl and OCl− are referred to as free Cl2. Free Cl2 becomes combined Cl2 (CC, e.g.,
organic and inorganic chloramines) when it reacts with compounds in the water sample. Free Cl2
and combined Cl2 are summed up as total Cl2. In this study, a Hach DPD powder pillow method
(photometer: Merck SQ 118) was used for the measurement of free Cl2 and total Cl2 equivalent
concentrations and the calibration of the free Cl2 sensors on-site. In the following, there is also
discussion of dosed Cl2 (Equations (8) and (9)). Not all halogenated products can be determined by the
total Cl2 DPD method. Therefore, the dosed concentration of free Cl2 from the NaOCl stock solution is
presented (cdos), which was calculated by means of Equation (10). csol is the free Cl2 concentration of
the dosed NaOCl stock solution. Qdos is the flow rate of the dosing pump, Q the flow rate of the pilot
plant (1 m3/h). The term “Other Cl-containing reaction products” (OCRP) describes all substitution
or oxidation/reduction products of the dosed Cl2 containing the element chlorine which cannot be
detected as total Cl2 (e.g., chloride).

dosed Cl2 (cdos) = FAC/RFC + CC + OCRP (8)

dosed Cl2 (cdos) = total Cl2 + OCRP (9)
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cdos =
csol ×Qdos

Q
(10)

During all experiments, on-site free Cl2 and total Cl2 measurements were carried out almost at
about every process setting when a certain state of equilibrium was reached.

2.6.2. Chlorite (ClO2
−), Chlorate (ClO3

−), Perchlorate (ClO4
−)

Chlorine oxyanions were determined only in the samples treated with 5 and 6 mg/L FAC at
0.4 kW UV power and their related reference sample in the 1st UV/chlorine AOP experiment using
the standardized ISO 10304 method [30]. Each sample was filtered using C18 solid phase extraction
cartridges and subsequent nylon filters with a pore size of 0.45 µm. The anions were detected by
means of the Dionex ion chromatography system ICS-1000 (Waltham, MA, USA). An AS19a column
(length: 25 cm, diameter: 2 mm) with a precolumn with anion self-regenerating suppressor was used.
The gradient program was applied via a reagent-free controller. Each sample was measured twice.
The limit of detection (LOD) for ClO2

− was 0.2 mg/L; for ClO3
−, it was 0.06 mg/L; and, for ClO4

−,
it was 0.13 mg/L.

2.6.3. Emerging Contaminants (ECs)

One-liter samples were quenched with 15 mg sodium thiosulfate (Na2S2O3). The determination
of ECs was performed via gas chromatography directly coupled with a mass selective spectrometer
(GC Hewlett Packard 5890N Series II, Hewlett Packard 5972 Series detector, column: Varian VF-Xms,
length: 30 m, diameter: 0.25 mm, film thickness: 0.25 µm). After the addition of internal standards,
the samples were liquid–liquid extracted (dichloromethane, 2 × 40 mL) and evaporated to 100 µL.
Quantification was done using the isotope dilution method and external calibration. The limit of
quantification (LOQ) was 1 ng/L.

2.6.4. Total Estrogenic Activity (TEA)

For the determination of the total estrogenic activity, 1 L samples were collected without
pretreating them prior to the analysis. The extracts obtained by solid-phase extraction were examined
using an in vitro test system (E-screen assay) developed by Soto et al. [31] based on the instructions of
Körner et al. [32] with modifications [33]. Thereby, the estrogenic activity reflects a sum parameter over
all hormonal active compounds present in the samples expressed in concentration units of the reference
compound 17β-estradiol. The LOQ of this method was 0.1 ng/L EEQ (17β-estradiol equivalent).

2.6.5. Adsorbable Organohalogens (AOX)

All samples were filled into 300 mL BOD bottles and acidified with 3 drops of 35% nitric acid
(HNO3) considering that the samples were free of headspace when the bottles were closed with glass
stoppers. The determination of AOX concentrations was carried out using a standardized method [34].
In this method, the adsorbed and acidified sample is burned. Subsequently, the halogenide ions
are determined via argentometry by means of microcoulometry (multi X 2000, Analytik Jena,
Jena, Germany). The LOQ was 10 µg/L.

2.6.6. Number of Measurements

The given values in diagrams or tables are mean values calculated from determinations of three
equivalent samples taken consecutively. Error bars in diagrams and numbers after the “±” symbol in
tables correspond to the calculated standard deviation.
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3. Results and Discussion

3.1. Chlorine Species and Adsorbable Organohalogens (AOX)

In Figure 3, for both UV/chlorine AOP experiments, the left columns depict the measured
concentrations of FAC, combined Cl2 and OCRP in the UV chamber influent. The right columns show the
concentrations of these chlorine species in the pilot plant effluent after quenching. In the upper diagram
(Experiment 1), it can be seen that, during the entire UV/chlorine AOP experiment, a dosage of about
7 mg/L was required to obtain a concentration of 3 mg/L FAC in the UV chamber influent. RFC could be
eliminated successfully. However, about 1.9 mg/L of added free Cl2 reacted to form compounds that could
be measured as combined Cl2 via the DPD method. The removal extent of combined Cl2 was 10–20% with
no significant effect of varying the UV performance (0.4, 0.7, and 1.0 kWh/m3). With the UV lamp switched
off, no removal of combined Cl2 occurred. In Experiment 2 (lower diagram), to achieve a particular FAC
concentration in WWTE, regardless of the desired FAC concentration, double to triple the amount of dosed
Cl2 was needed. In this experiment, the removal extent of combined Cl2 varied between 10% and 50%,
showing no linear correlation with the FAC concentration.

Int. J. Environ. Res. Public Health 2018, 15, x FOR PEER REVIEW  8 of 18 

 

2.6.6. Number of Measurements 

The given values in diagrams or tables are mean values calculated from determinations of three 
equivalent samples taken consecutively. Error bars in diagrams and numbers after the “±” symbol in 
tables correspond to the calculated standard deviation. 

3. Results and Discussion 

3.1. Chlorine Species and Adsorbable Organohalogens (AOX) 

In Figure 3, for both UV/chlorine AOP experiments, the left columns depict the measured 
concentrations of FAC, combined Cl2 and OCRP in the UV chamber influent. The right columns show 
the concentrations of these chlorine species in the pilot plant effluent after quenching. In the upper 
diagram (Experiment 1), it can be seen that, during the entire UV/chlorine AOP experiment, a dosage 
of about 7 mg/L was required to obtain a concentration of 3 mg/L FAC in the UV chamber influent. 
RFC could be eliminated successfully. However, about 1.9 mg/L of added free Cl2 reacted to form 
compounds that could be measured as combined Cl2 via the DPD method. The removal extent of 
combined Cl2 was 10–20% with no significant effect of varying the UV performance (0.4, 0.7, and 1.0 
kWh/m3). With the UV lamp switched off, no removal of combined Cl2 occurred. In Experiment 2 
(lower diagram), to achieve a particular FAC concentration in WWTE, regardless of the desired FAC 
concentration, double to triple the amount of dosed Cl2 was needed. In this experiment, the removal 
extent of combined Cl2 varied between 10% and 50%, showing no linear correlation with the FAC 
concentration. 

 
Figure 3. Chlorine species in UV chamber influent (1 m3/h WWTE) (left columns) and in effluent of 
the pilot plant after UV treatment and subsequent quenching with H2O2 (right columns): (Top) 
Experiment 1 (0–1 kW, 3 mg/L FAC in UV chamber influent); and (Bottom) Experiment 2 (0.4 kW,  
1–6 mg/L FAC in UV chamber influent). 

Datenreihen6Combined Cl2

0

2

4

6

8

10

12

14

FAC (mg/L)

C
l 2

sp
ec

ie
s

(m
g/

L
) 

0

1

2

3

4

5

6

7

8

UV energy consumption (kWh/m³)
0.0 0.1 0.2 0.3 0.4 0.5 0.6 0.7 0.8 0.9 1.0

C
l 2

sp
ec

ie
s

(m
g/

L
) 

Datenreihen7OCRPDatenreihen5FAC/RFC

1 2 3 4 5 6

Figure 3. Chlorine species in UV chamber influent (1 m3/h WWTE) (left columns) and in effluent of the
pilot plant after UV treatment and subsequent quenching with H2O2 (right columns): (Top) Experiment 1
(0–1 kW, 3 mg/L FAC in UV chamber influent); and (Bottom) Experiment 2 (0.4 kW, 1–6 mg/L FAC in
UV chamber influent).

Figure 4 sums up the measured concentrations of adsorbable organohalogens (AOX) in WWTE
treated by the UV/chlorine AOP and the UV/H2O2 AOP. In all experiments, the AOX concentrations
in the reference samples of the WWTE were very low, not exceeding 30 µg/L. In two control samples
(sample of 2nd sampling tap, no oxidant dosage and no UV light), slightly higher AOX concentrations
compared to the reference samples could be observed. However, the difference was insignificant
since in all of these samples the AOX concentration was very low with <22 µg/L. In Experiment 1,
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both approaches with sole UV treatment (Figure 4, left and middle) led to AOX concentrations
of <10–50 µg/L. However, considering the error susceptibility of the AOX determination method,
the measured AOX concentrations were in such a small range that no significant AOX formation
solely by UV treatment should be deduced. Furthermore, while the UV/H2O2 AOP had no significant
effect on the AOX formation, already the sole dosage of FAC resulted in an AOX concentration of
314 ± 6 µg/L. Since only a slightly higher AOX concentration of up to 336 ± 6 µg/L was found
with the UV/chlorine AOP at 0.4 kWh/m3 and even lower values of down to 276 ± 6 µg/L were
found at 1.0 kWh/m3, it can be concluded that the formation of AOX is more due to chlorination and
less to radical reaction. Much more, a higher UV power seemed to contribute to a reduction in AOX
concentration. However, this reduction was very small. In Experiment 2 (right diagram), the UV/H2O2

AOP treatment did not increase the AOX concentration of the WWTE significantly as well (<30 µg/L
AOX). In contrast, in WWTE samples treated with the UV/chlorine AOP, AOX could be measured
up to 520 µg/L at FAC concentrations between 3 and 6 mg/L. With doses higher than 3 mg/L FAC,
it seems as if a maximum AOX concentration was reached. This suggests that with 3 mg/L FAC most
of the compounds in the WWTE that were available for chlorination were chlorinated. Furthermore,
the two AOX concentrations at 0.4 kWh/m3 and 3 mg/L FAC from Experiment 1 (336 ± 6 µg/L) and
Experiment 2 (480 ± 32 µg/L) were different. Since both experiments were performed on different
days, the slightly different wastewater composition (different amounts of chlorinable compounds) may
have contributed to the deviation in results. This deviation, however, is not critical since the found
AOX concentrations are in a similar range. In conclusion, although the pilot plant design did not allow
to take samples directly in front of the UV chamber to analyze the AOX formation between the Cl2
dosing point and UV chamber influent, there is considerable evidence that, despite the short contact
time of 4.6–6.4 s, the AOX was formed before the UV chamber was reached, and this AOX formation
was largely independent of the UV power.
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Figure 4. (Left, Middle) (Experiment 1) Influence of UV/chlorine AOP and UV/H2O2 AOP at 0.0, 0.4,
0.7, and 1.0 kWh/m3 UV energy consumption (1 m3/h, 0–1 kW) on AOX concentration in WWTE at
oxidant concentrations of 0 and 3 mg/L; and (Right) (Experiment 2) influence of UV/chlorine AOP
and UV/H2O2 AOP at 0.4 kWh/m3 UV energy consumption (1 m3/h, 0.4 kW) on AOX concentration
in WWTE as a function of oxidant concentration.

The measured AOX concentrations were not high enough to fully explain the measured combined
Cl2 concentrations in the UV chamber influent and pilot plant effluent. In addition, the very low
ammonium concentration (<0.15 mg/L NH4

+-N) in the WWTE does not justify the conclusion that
the measured combined Cl2 consisted solely of inorganic chloramines. Furthermore, urea, a common
precursor for inorganic chloramines, should not be found in WWTE due to its good removal in the
wastewater treatment plant mainly based on hydrolysis [35]. The method for the determination of total
Cl2 is based on the principle that chloramines are capable of oxidizing iodide ions, dosed parallel to
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the DPD, to iodine, which also forms a red dye in reaction with DPD. Thus, it is useful to consider
further compounds having an oxidative effect as a possible cause for the detection of combined Cl2, i.e.,
also non-Cl-containing compounds [36]. To comprehend some of these oxidative by-products detected as
combined Cl2, the concentrations of the conjugated bases of oxyacids of chlorine (CBO) were determined
in samples treated with 5 and 6 mg/L FAC at 0.4 kWh/m3 (Experiment 2) (<0.2 mg/L ClO2

−, 1.03 ±
0.02 mg/L ClO3

−, <0.26 mg/L ClO4
− at 5 mg/L FAC and <0.2 mg/L ClO2

−, 1.11± 0.02 mg/L ClO3
−,

and <0.26 mg/L ClO4
− at 6 mg/L FAC). In these samples, the measured concentrations of combined

Cl2 in the UV chamber influent were 3.7 ± 0.6 mg/L (at 5 mg/L FAC) and 3.5 ± 0.7 mg/L (at 6 mg/L
FAC). In the corresponding samples of the UV pilot plant effluent, the combined Cl2 concentrations were
1.9 ± 0.1 mg/L (at 5 mg/L FAC) and 2.2 ± 0.1 mg/L (at 6 mg/L FAC). From the experiment, it cannot
be said whether chlorate was formed by chlorination, photolysis or radicals since this compound was
only analyzed in the pilot plant effluent at parallel UV and chlorine dosage and not in the UV chamber
influent. According to the literature, however, it can be assumed that UV light contributes significantly
to its formation [24]. This indicates chlorate was surely hardly present in the UV chamber influent,
where despite of that relatively high combined Cl2 concentrations were present. Furthermore, it is obvious
that also H2O2, which was dosed to the UV chamber effluent to quench RFC, contributed its part to
increase the total Cl2 concentration value. Approximately 9.1–9.2 mg/L H2O2 (about 270 µmol/L) were
added at FAC dosages of 5 and 6 mg/L (70–85 µmol/L) at 0.4 kWh/m3. According to Equation (6),
this was 3–4 times the concentration that would be stoichiometrically required to quench 5–6 mg/L free
Cl2. Thus, surplus H2O2 must have been present in the pilot plant effluent, which must have contributed
to a slightly falsified value of total Cl2. In an experiment (Figure S1), this falsification was quantified
to be 0.0388 mg total Cl2/mg H2O2, so that at 9.1–9.2 mg/L H2O2 only a maximum interference of
about 0.35 mg/L CC could be present. In the pilot plant effluent samples, which were treated with
5 and 6 mg/L FAC at 0.4 kWh/m3, 1.9–2.2 mg/L combined Cl2 was measured. With less than 20%,
the falsification was therefore not large enough to fully explain the found concentration of combined Cl2
in the pilot plant effluent and especially not in the UV chamber influent, where no H2O2 was present in
the UV/chlorine AOP.

The relatively high concentration of combined Cl2 in both the UV chamber influent and the pilot
plant effluent can be attributed to a wide variety of other degradation products. Such disinfection
by-products (DBP) resulting from the chlorination process are described in great detail in the
literature. Trihalomethane (THM) formation is more pronounced in WWTEs with very low ammonium
concentrations than in those with high ammonium concentrations [37]. The study of this work is based
on WWTE with a very low NH4

+-N concentration (<0.15 mg/L), so it can be assumed that THMs
were prominently represented. It is also known that many dissolved organic nitrogen compounds
(DON) in WWTE are essential precursors for N-DBPs [38,39]. In the effluent of the WWTP examined
here, the annual average DON concentration was 1.6 mg/L (monthly average values varied between
0.9 and 2.4 mg/L N) and was thus in a range similar to the concentration of combined Cl2 found.
Extensive research by Pehlivanoglu-Mantas and Sedlak [40] showed that up to 10–20% of the DON
concentration in WWTE can be attributed to amino acids and thus constitute a considerable precursor
pool for the formation of N-DBPs such as dihaloacetonitriles [37–39]. This is relevant because amino
acids have a relatively high reactivity with HOCl (kapp > 1 × 104 M−1 s−1) [23]. Other important
known DBPs that may have been formed during the chlorination of WWTE are trichloronitromethanes,
haloketones and chloral hydrates [17].

3.2. Emerging Contaminants

Figure 5 sums up the relative residual concentrations of ECs found in WWTE after the treatment
with the UV/chlorine AOP (Figure 5, top) and the UV/H2O2 AOP (Figure 5, bottom) with different
UV performances (0.0, 0.4, 0.7, and 1.0 kWh/m3). Except for DEET, no compound could be eliminated
more than 20% when no oxidant dosage was applied and the UV lamp was off. This indicates
that only small reductions of the initial concentrations could be caused by adsorption processes
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in the static mixers. Some compounds could already be degraded by treating WWTE only with
3 mg/L FAC, such as diclofenac, bisphenol A, MTBT, 4t-octylphenol, 4-nonylphenols, tramadol and
diphenhydramine. These are chemicals with electron-rich moieties (phenols, anilines, amines) that
are preferably attacked by the selective chlorine molecule [41]. In the case of sole H2O2 dosage,
no such effect was observed. Sole UV treatment reduced the concentration of many compounds
to a certain degree. Exceptions were 4t-octylphenol, benzophenone, TCEP and TCPP. Bisphenol
A, AHTN, 4-nonylphenols, tramadol and especially diclofenac were very susceptible to sole UV
radiation. In comparison to sole UV treatment, the additional dosage of FAC paralleled with UV
radiation was highly effective for almost all compounds except DEET. The UV/H2O2 AOP was only
partly effective for ECs like HHCB, HHCB-lactone, benzophenone and 4t-octylphenol (only with high
energy consumption), but not effective for any other ECs analyzed. Furthermore, the removal extents
resulting from 3 mg/L oxidant and 0.4 kWh/m3 were not increased more than 15 percentage points by
increasing the energy consumption up to 1 kWh/m3.
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Figure 5. Removal of ECs found in WWTE by means of: UV/chlorine AOP (top); and UV/H2O2 AOP
(bottom), at 0 and 3 mg/L oxidant concentrations depending on UV energy consumption at 1 m3/h
(Experiment 1).

In Figure 6, the removal of the same ECs found in WWTE due to the UV/chlorine AOP and
UV/H2O2 AOP treatment at 0.4 kWh/m3 energy consumption (1 m3/h, 0.4 kW) is shown as a function
of the oxidant concentration from 0 to 6 mg/L. The organophosphorous compounds TCEP and TCPP
could not be eliminated with both AOPs. Both latter ECs are nevertheless designed to be resistant
against oxidation [10]. Most of the partially eliminated compounds were degraded more effectively by
the UV/chlorine AOP (exceptions were diclofenac and DEET). While 4t-octylphenol was not affected
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by the UV/H2O2 AOP, the UV/chlorine AOP treatment resulted in a 65% removal of that compound.
The xenoestrogens bisphenol A and 4-nonylphenols could be removed by means of the UV/chlorine
AOP by up to almost 90%. For most of the ECs, significantly higher removal extents could be achieved
with higher oxidant concentrations. However, there were also compounds that did not seem to be
affected by the variation of the oxidant concentration. Such compounds such as AHTN and diclofenac
showed the same reaction for both the UV/chlorine AOP and the UV/H2O2 AOP. Additionally,
these compounds also underwent degradation due to sole UV exposure (0 mg/L oxidant). The results
obtained in Experiment 2 for 3 mg/L FAC or 3 mg/L H2O2 at 0.4 kWh/m3 UV energy consumption
did not differ more than 10% from the results of Experiment 1 in Figure 5. Both experiments were
carried out on different days with slightly different wastewater compositions, which indicates a good
reliability of the results.
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Figure 6. Removal of emerging contaminants found in WWTE by means of UV/chlorine AOP and
UV/H2O2 AOP at 0.4 kWh/m3 UV energy consumption (1 m3/h, 0.4 kW) as a function of oxidant
concentration (Experiment 2). At 0 mg/L oxidant: sole UV treatment.

In several publications, the very good EC elimination potential of the UV/chlorine AOP observed
in this study could be seen as well (see Table S1 in Supplementary Materials summarizing results from
other studies investigating the removal of ECs by the UV/chlorine AOP) [16–20]. However, none of
these studies examined the UV/chlorine AOP on WWTE with such a high variation of analyzed ECs
without spiking them and also applying the AOP at pilot scale. In this study, the initial concentration
of diclofenac could be reduced up to 90% with both AOPs (most of the elimination can be attributed to
photolysis). This pharmaceutical proved to be very susceptible to sole UV exposure, which can be ascribed
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to photoactive chromophores contained in the molecule [42]. As Sichel et al. [16] and Zhou et al. [43] had
already observed, carbamazepine spiked in tap water or pure water could not significantly be eliminated
with sole Cl2 treatment (no UV exposure) even within a reaction time of 60 min. This poor degradation
could be seen in this study as well, where contact times lower than 1 min were present. Here, carbamazepine
could be eliminated by a maximum of approximately 50% with the application of the UV/chlorine AOP
at the highest tested FAC concentration of 6 mg/L. A complete elimination of carbamazepine by the
UV/chlorine AOP was only detected by Wang et al. [19]. However, their experiments were carried out
with pure water and longer contact times.

The compounds diclofenac (DCF), bisphenol A (BPA) and 4-nonylphenols (4-NPh) were already
eliminated at 50–70% with a dosage of 3 mg/L FAC. This happened at a contact time of about 9–16 s.
The rate constants found in the literature for chlorination of these compounds at pH 7 were all determined
at initial concentrations of ECs that were more than a hundred times higher than in the WWTE of this study
(kapp,DCF = 3.5 M−1 s−1 [44], kapp,BPA = 62 M−1 s−1 [45], kapp,4-NPh = 12.6 M−1 s−1 [46]). The resulting
half-lives are >4 min and cannot be compared with the results gained in this study describing very small
EC concentrations. Some investigations are available that examine the kinetics of the removal of ECs
by the UV/chlorine AOP, with distinctions into chlorination, photolysis and radical reaction [18,19,43].
These investigations were usually carried out with much weaker UV lamps and simpler matrices than
WWTE. Wang et al. [19], e.g., found a rate constant of kobs = 0.78 min−1 for the degradation of 2 mg/L
carbamazepine (8.5 µM) by 280 µM Cl2 and 1.48 mW/cm2 (41 W) in pure water matrix. At a contact time
of 6–10 s, as in the UV chamber of this study, they found less than 15% degradation of carbamazepine,
whereas in this study even at 42 µM FAC an elimination of 46% occurred. A direct transferability of the
rate constants available in the literature is therefore not possible here either.

At a UV energy consumption of 0.4 kWh/m3 and in a range of oxidant concentrations from 1 to
6 mg/L, the UV/chlorine AOP had a much better EC removal yield than the UV/H2O2 AOP for
most of the analyzed compounds. This especially occurred with xenoestrogens like bisphenol A and
4-nonylphenols, which could be degraded very effectively. The more pronounced degradation yield
by the UV/chlorine AOP compared to the UV/H2O2 AOP even at lower molar concentrations of FAC
compared to H2O2 was also observed by Sichel et al. [16], Yang et al. [17] and Xiang et al. [18] (Table S1
in Supplementary Materials). Some possible reasons for this could be: The more efficient •OH radical
yield due to different quantum yields at a wavelength of 254 nm and lower scavenger rates in the
UV/chlorine AOP compared to the UV/H2O2 AOP [16,47]. Furthermore, other studies applying the
UV/H2O2 AOP to real wastewater also showed that far higher concentrations of H2O2 were required
for successful degradation yields than the 6 mg/L H2O2 used in this study [48,49].

3.3. Total Estrogenic Activity in the UV/Chlorine AOP Experiments

The total estrogenic activity (TEA) was analyzed in samples from UV/chlorine AOP experiments
(Figure 7). With 65% EEQ removal, the sole dosage of 3 mg/L FAC had a stronger elimination effect
than sole UV radiation at 0.4 kWh/m3 (40% EEQ removal). This shows that xenoestrogens lose their
estrogenic activity when they become chlorinated [50]. The UV/chlorine AOP could reduce the TEA
of WWTE from 40% to at least 97% in the FAC concentration range of 0–6 mg/L at 0.4 kWh/m3 (initial
concentrations of 3.92 ± 0.31 and 1.77 ± 0.25 ng/L EEQ, respectively).

It is striking that those compounds that are known for their estrogenic activity were among
those compounds that were removed best (60–90%) with the UV/chlorine AOP. These are in
particular the endocrine disrupting compounds (EDCs) bisphenol A (BPA), 4-nonylphenols (4-NPh),
and 4t-octylphenol (4t-OctPh) [51]. Similar to most estrogenic compounds, these EDCs bear phenolic
hydroxyl groups. Lee et al. [52] suspected that the phenolic ring is oxidized by chlorination (it is
likely that phenolic rings are preferably oxidized by chlorine [52]) in such a way that the TEA
decreases. Wu et al. [50] also suspected that the EDCs are converted by chlorination into less estrogenic
by-products leading to a decrease in TEA. Furthermore, Li et al. [20] had shown that the UV/chlorine
AOP was the most efficient method compared to sole Cl2 dosage and sole UV exposure in reducing
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estrogenic activity, even in the presence of NH3 and wastewater matrix (Table S1 in Supplementary
Materials). The reaction was very fast: the majority of the reaction was completed within less than
1 min. Similar contact times were observed for the pilot plant discussed here. Thus, in combination
with the study of Li et al. [20], this work showed that even with complex matrixes such as WWTE and
applied with a continuous mode pilot plant, the UV/chlorine AOP is an effective method for reducing
the TEA.

Rosenfeldt and Linden [53], Rosenfeldt et al. [54] and Cédat et al. [48] showed with the
EDCs 17β-estradiol, 17α-ethinylestradiol, bisphenol A and estrone that also the UV/H2O2 AOP,
with sufficient dosage of H2O2, significantly decreases the estrogenic activity compared to sole UV
treatment. However, Rosenfeldt et al. [54] also found that the reduction of estrogenic activity in
wastewater matrix is significantly weaker compared to pure water matrix. In this study, the dosage
of 3 mg/L H2O2 was obviously too low even at 1 kWh/m3 UV exposure to significantly degrade the
aforementioned EDCs (BPA, 4-NPh, 4t-OctPh). If one takes into account the statement of Lee et al. [52]
that the elimination of estrogenic chemicals correlates with the elimination of TEA, it can thus be
assumed that the UV/chlorine AOP reduces the TEA stronger than the UV/H2O2 AOP.
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Figure 7. Effect of UV/chlorine AOP on total estrogenic activity of WWTE: measured in 17β-estradiol
equivalents (EEQ) at different process settings at 1 m3/h (Top) (Experiment 1); and as a function of
FAC concentration in UV chamber influent at 0.4 kWh/m3 energy consumption (1 m3/h, 0.4 kW)
(Bottom) (Experiment 2). Dashed line: LOQ of 0.1 ng/L EEQ (here 2.8%).

4. Conclusions

Effluent of a municipal wastewater treatment plant was treated with the UV/chlorine AOP on
a technical scale on-site using a medium pressure UV lamp with an adjustable performance of up to
1 kW. In parallel experiments with the same pilot plant, the UV/H2O2 AOP was applied for comparison.
The UV/chlorine AOP proved to be a highly effective method regarding the removal of bacteria
(see Figure S2) and the removal of the estrogenic activity and thus endocrine disrupting compounds
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from WWTE. Compared to the UV/H2O2 AOP, most of the analyzed emerging contaminants were
removed more efficiently with the UV/chlorine AOP. By-products in the form of AOX (most likely
mainly by chlorination) and chlorate (most likely mainly by photolysis) occurred. Metabolites are of
great concern regarding methods based on the oxidation of ECs [55], therefore, treatment of WWTE
solely by the UV/chlorine AOP must be considered critically. Since AOX have a high tendency towards
adsorption on activated carbon, an activated carbon treatment subsequent to the UV/chlorine AOP is
recommended. Furthermore, with such a combination, compounds such as TCEP and TCPP can be
eliminated as well [56], despite their high stability against UV/chlorine oxidation. Chlorine is known
to react quickly with ammonium ions [57]. Especially in cold seasons, high ammonium concentrations
can occur in WWTE. However, formed chloramines also have an oxidizing potential and can be
transformed to radicals under UV exposure [47,58]. Thus, the effect of high ammonium concentrations
on the effectiveness of the UV/chlorine AOP pilot plant still needs more research.

Supplementary Materials: Supplementary Data regarding influence of H2O2 on total Cl2 analysis, results of
UV/chlorine AOP in literature and elimination of bacterial count are available online at http://www.mdpi.com/1660-
4601/15/5/935/s1. Table S1: Comparison of the results of different studies regarding the removal of important ECs
(in %) by the UV/chlorine AOP and UV/H2O2 AOP (all studies except for this study and the study of Sichel et al. [16]
were conducting batch experiments). Table S2: Initial bacterial count measured in WWTE reference samples collected
in both UV/chlorine AOP and UV/H2O2 AOP experiments (CFU: colony forming units). Figure S1: Detected total Cl2
concentrations in samples with different H2O2 concentrations without chlorine compounds. Figure S2: (Left, Middle)
(Experiment 1) Influence of UV/chlorine AOP and UV/H2O2 AOP at 0.0, 0.4, 0.7, and 1.0 kWh/m3 UV energy
consumption (1 m3/h, 0–1 kW) on bacterial count in WWTE at oxidant concentrations of 0 and 3 mg/L; and (Right)
(Experiment 2) influence of UV/chlorine AOP and UV/H2O2 AOP at 0.4 kWh/m3 UV energy consumption (1 m3/h,
0.4 kW) on bacterial count in WWTE as a function of oxidant concentration.
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and A.K. wrote the paper.
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Abstract: A constructed rapid infiltration (CRI) system is a new type of sewage biofilm treatment
technology, but due to its anaerobic zone it lacks the carbon sources and the conditions for
nitrate retention, and its nitrogen removal performance is very poor. However, a shortcut
nitrification–denitrification process presents distinctive advantages, as it saves oxygen, requires
less organic matter, and requires less time for denitrification compared to conventional nitrogen
removal methods. Thus, if the shortcut nitrification–denitrification process could be applied to the CRI
system properly, a simpler, more economic, and efficient nitrogen removal method will be obtained.
However, as its reaction process shows that the first and the most important step of achieving
shortcut nitrification–denitrification is to achieve shortcut nitrification, in this study we explored
the feasibility to achieve shortcut nitrification, which produces nitrite as the dominant nitrogen
species in effluent, by the addition of potassium chlorate (KClO3) to the influent. In an experimental
CRI test system, the effects on nitrogen removal, nitrate inhibition, and nitrite accumulation were
studied, and the advantages of achieving a shortcut nitrification–denitrification process were also
analysed. The results showed that shortcut nitrification was successfully achieved and maintained
in a CRI system by adding 5 mM KClO3 to the influent at a constant pH of 8.4. Under these
conditions, the nitrite accumulation percentage was increased, while a lower concentration of 3 mM
KClO3 had no obvious effect. The addition of 5mM KClO3 in influent presumably inhibited the
activity of ammonia-oxidizing bacteria (AOB) and nitrite-oxidizing bacteria (NOB), but inhibition of
nitrite-oxidizing bacteria (NOB) was so strong that it resulted in a maximum nitrite accumulation
percentage of up to over 80%. As a result, nitrite became the dominant nitrogen product in the
effluent. Moreover, if the shortcut denitrification process will be achieved in the subsequent research,
it could save 60.27 mg CH3OH per litre of sewage in the CRI system compared with the full
denitrification process.

Keywords: shortcut nitrification; constructed rapid infiltration system; potassium chlorate inhibition;
domestic sewage

1. Introduction

Sewage treatment technology for domestic sewage and polluted surface water treatment in small
towns—a constructed rapid infiltration (CRI) system—is a new sewage biofilm treatment technology
put forward by Zhong Zuoshen et al. [1]. It presents both advantages of a sewage rapid infiltration
land treatment system and a constructed wetland system [2]. A CRI system is mainly composed of
a feeding tank, grill, preliminary sedimentation tank, rapid infiltration tank, and outlet system. A CRI
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system adopts the dry-wet (alternate running of feeding and drying in the CRI system) alternating
operation mode and uses natural river sand, coal gangue, natural gravel, etc., to replace natural soil
as the filling medium to improve the hydraulic load to 1.0–1.5 m/day [3]. Pictures of a practical
example of a CRI system are shown in Figure 1. The removal mechanism of the CRI system is
to use the filling medium and microorganisms grown on the filling medium to adsorb, intercept,
and decompose the pollutants in sewage [4]. Especially, since the CRI system has the unique structure
and feeding mode, its filling medium has the aerobic, facultative, and anaerobic environment to
grow abundant microorganism to allow for efficient sewage treatment [5]. As the previous practice
showed, a CRI system has a significant effect on the treatment of domestic sewage in small towns [6],
whose removal rates of CODcr (chemical oxygen demand determined by potassium dichromate
method), NH4

+-N, suspended solid (SS), and linear alkylbenzene sulfonates (LAS) could reach above
85%, 90%, 95%, and 95%, respectively, and has the advantages of being less energy-intensive, more
environmentally-friendly, and has a remarkable economic benefit compared with the conventional
treatment systems [7]. Although a CRI system has a good removal effect of NH4

+-N, due to its
anaerobic zone it lacks the carbon sources for denitrification and the condition for nitrate retention [8],
the concentration of nitrate in effluent is so high that the total nitrogen (TN) removal rate can only
reach upwards of 10–30% [9].

Figure 1. Practical engineering of the Phoniex River constructed rapid infiltration (CRI) system operated
successfully for 12 years in Chengdu, China.

To enhance the nitrogen removal performance of the CRI system, the methods of adding external
carbon sources, optimizing the packing structure [10], and changing the water feeding patterns [1]
were adopted. However, those methods were all based on the full nitrification–denitrification process,
making it difficult to overcome the problem of carbon source consumption and reduction of denitrifying
bacteria activity during long-term operation, and were also difficult to popularize in the actual
engineering due to their complex operating process.

Shortcut nitrification–denitrification is a novel biofilm nitrogen removal process which allows
oxidation of ammonia to nitrite, but no further oxidation to nitrate and reduces nitrite into nitrogen
gas directly to achieve nitrogen removal in the system. As Figure 2 shows, compared to the full
nitrification–denitrification process, the shortcut nitrification–denitrification process reduces two
reaction steps, which are “NO2

−→NO3
−”and “NO3

−→NO2
−”. Thus, it will present the advantages

of saving oxygen and requiring less organic matters. However, it can also be seen from Figure 2,
for shortcut nitrification–denitrification to be employed, the key point is to achieve shortcut nitrification.
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In other words, the system must accumulate and maintain enough nitrite, which is produced by
ammonium-oxidizing bacteria (AOB) and, at the same time, inhibit or wash out nitrite-oxidizing
bacteria (NOB), which would oxidize the produced nitrite to nitrate [11]. The conditions required
to inhibit nitrite oxidization can be established with high concentrations of ammonium, a low
concentration of dissolved oxygen, a high concentration of free nitrous acid, a relatively high
temperature (30–35 ◦C) and a high pH (8–9). So far, shortcut nitrification has been achieved in
various systems, such as aerated constructed wetlands [12], a sequencing batch reactor (SBR) [13] and
submerged biofilters [14], all of which resulted in high nitrite accumulation percentages. The use of
specific inhibitors can further improve shortcut nitrification. For example, Xu et al. [13] studied the
effect of hydroxylamine addition on shortcut nitrification in SBR, and Chen et al. [15] used this same
inhibitor in a CRI; both found nitrite accumulation percentages reaching more than 90%. Sukru and
Erdal [14] and Cui et al. [16] found that increasing salinity could further promote the accumulation of
nitrite. Moreover, Ge et al. [17] showed that low concentrations (4 mg/L) of chlorine could improve
the nitrite accumulation percentage to reach 60–70%. Already in 1957 chlorate was described as
a specific inhibitor of NOB: chlorate could inhibit the growth of autotrophic nitrite oxidizers at
low concentration (4.2 × 10−3 M) and completely inhibit nitrite oxidation at high concentrations
(1.7 × 10−2 M) [18]. Subsequent studies reported that the addition of chlorate could result in nitrite
to become the dominant product of NOx in the effluent, by allowing AOB activity while inhibiting
NOB. For instance, Xu et al. [11] showed that the addition of chlorate to aerobic granules resulted in
a 90% increase of nitrite accumulation in the effluent. Other studies showed that chlorate inhibited
the oxidation of nitrite to nitrate, but it did not affect the oxidation of NH4

+ to NO2
− [19]; likewise,

Xu et al. [11] found that oxidation of NH4
+ to NO2

− was not severely inhibited by chlorate. Such studies
showed that shortcut nitrification can be achieved effectively by the addition of specific inhibitors,
including chlorate, but the effect of adding potassium chlorate (KClO3) in CRI system has not yet been
studied in detail.

In this study, we tested whether potassium chlorate could improve the performance of shortcut
nitrification and removal efficiency of pollutants in a CRI system under experimental conditions and
prospected the benefits of achieving shortcut denitrification.

Figure 2. Comparison of the full nitrification–denitrification process and shortcut nitrification–denitrification
process (→ represents the process of full nitrification–denitrification; 99K represents the process of shortcut
nitrification–denitrification).
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2. Materials and Methods

2.1. Experimental Design

Four separate CRI columns were constructed using PVC (polyvinyl chloride) (diameter 8 cm,
height 30 cm) in the laboratory under controlled conditions. The temperature was kept constant
at 34.2 ± 0.64 ◦C by constructing a temperature-controlling box around the CRI columns (Figure 3).
The filling medium of the columns consisted of two functional layers: a 5 cm deep supporting layer
consisting of pebbles (5.0–10.0 mm) and gravel (3.0–4.0 mm) at the bottom, a 20 cm deep treatment
layer filled with 90% river sand (0.25–0.30 mm), 5% marble sand (1.0–2.0 mm), and 5% zeolite sand
(1.5–1.7 mm) on the top of the supporting layer. The influent sewage was lifted by a peristaltic pump
so that it entered at the top of the column, moved through the packing medium vertically, and left by
the outlet where water quality was measured.

Figure 3. Experimental CRI system. CRI: constructed rapid infiltration.

2.2. Sewage and Operational Conditions

The influent sewage used in this study was a mixture of synthetic sewage and domestic sewage,
the synthetic sewage was mainly made up of glucose, CH3COONa, (NH4)2SO4, KH2PO4, Na2CO3,
and peptone and was refilled every three days. The water quality parameters are shown in Table 1.
The whole experiment lasted for 110 days. The sewage was fed into the system by a dry-wet alternating
operation mode as follows: water feeding was allowed twice daily with a hydraulic load of 0.6 m/day,
each feeding time would last for 1.5 h, each drying time would last for 10.5 h, and the water flow
was 200 mL/h. The system was operated for 70 days until the removal percentages of ammonium
nitrogen (NH4

+-N) in effluent of all columns reached to 88%, which indicated the biofilms had formed
successfully in the CRI system.

In order to investigate the effect of potassium chlorate inhibition and pH control, the experimental
columns were used as individual Tests. Test 1 was the control treatment not receiving additions, the pH
of influent of Tests 2–4 was adjusted to 8.4 by addition of NaOH solution. Moreover, in Test 3, KClO3

was added to the influent at a final concentration of 5 mM while, in Test 4, a concentration of 3 mM
KClO3 was used. Both the NaOH solution and KClO3 were added and mixed in the regulating tank
after it loaded with 600 mL sewage from feeding tank. Moreover, the scanning electron microscope
(SEM) pictures (Figure 4) of the filling medium (sand) were taken on day 70, which could further show
the situation of biofilm formation on the filling medium of tests 1–4. As we can see from Figure 4,
the blank filling medium (picture a) which was not fed sewage, can hardly investigate the microbial
flora attachment. However, the filling medium of Tests 1–4 (pictures b–e) which were fed sewage
for 70 days had an obvious microbiological attachment, which indicated that biofilms were formed
successfully in the filling medium of Tests 1–4.
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Figure 4. Scanning electron microscope (SEM) images of filling medium (sand) in the CRI columns
after 70 days of operation. (a) blank filling medium; (b–e) filling medium (formed with biofilm) of
Tests 1–4.

Table 1. Water quality parameters of influent.

Water Quality Parameters Mean Concentration (mg/L)

Chemical Oxygen Demand (COD) 245.22 ± 27.11
NH4

+-N 53.93 ± 3.81
NO3

−-N 1.15 ± 0.67
NO2

−-N 0.14 ± 0.09
Total Nitrogen (TN) 55.35 ± 6.01

pH 7.3 ± 0.14 (control), 8.4 (Tests 2–4)
Temperature (◦C) 34.2 ± 0.64

2.3. Analytical Methods

Water samples from influent and effluent were collected every two days, filling medium samples
were collected after biofilm formed successfully (on day 70). Concentration of COD in the sewage was
determined using the potassium dichromate method (in a strong acid solution, a certain amount of
potassium dichromate is used to oxidize the reducing substances in the water sample, then, ferroin
(indicator) is added to the excess potassium dichromate before it is titrated with ammonium ferrous
sulfate solution, and the oxygen consumption of the reductive substance in the water sample is
calculated according to the amount of ammonium ferrous sulphate); the concentration of nitrogen in
the form of ammonium was determined by Nessler’s reagent colorimetric method (an alkaline solution
made of mercuric iodide and potassium iodide reacted with ammonium nitrogen would generate
reddish brown complex, the absorbance of the complex which was measured at 420 nm (visible light)
and is proportional to the content of ammonium nitrogen), nitrate (NO3

−-N) by UV spectrometry (the
concentration of nitrate nitrogen can be quantified by the absorption value of nitrate ion at a wavelength
of 220 nm, however the dissolved organic matter was absorbed at both 220 nm and 275 nm, while the
nitrate ion was not absorbed at 275 nm, therefore another measurement is made at 275 nm to correct
the absorption of nitrate nitrogen), nitrite (NO2

−-N) by molecular absorption spectrophotometry
(in phosphoric acid medium, nitrite is reacted with para-aminobenzene sulfonamide to produce
diazonium salt, then, coupling with N-(1-naphthyl) ethylenediamine to produce red dye, finally,
determining the absorbance of production at 540 nm (visible light)), and total nitrogen (TN) by UV
spectrometry (at 120–124 ◦C basic potassium persulfate solution is used to convert nitrogen-containing
compounds into nitrate in the water sample, then, the ultraviolet spectrophotometry method is used to
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determine the absorbency of the sample at 220 nm and 275 nm respectively, the corrected absorbance
(A) is calculated according to the formula (A = A220 − 2A275) and is proportional to the total nitrogen
content), using standard procedures [20]. The nitrite accumulation percentage was calculated as the
ratio of NO2

−/(NO2
− + NO3

−) × 100% [12].

2.4. Scanning Electron Microscope Detection

The biofilm of the filling medium was prepared by the glutaraldehyde fixation method [21]
and observed by using a scanning electron microscope (SEM) (S-3000N, Hitachi Limited, Tokyo,
Japan). The filling medium samples were fixed with 2.5% glutaraldehyde for 15 h and then rinsed
in distilled water three times. Subsequently, the samples were dehydrated with series of ethanol
(30%, 50%, 70%, 85%, 95%) for one time, and 100% ethanol for two times (20 min/time). After rinsing
twice (20 min/time) with isoamyl acetate, the prepared samples were natural dried for 12 h. Finally,
the dewatered samples were sputter-coated with gold and observed with SEM.

3. Results and Discussion

3.1. Effect of Potassium Chlorate on Removal Efficiency of Ammonium Nitrogen

The removal efficiency of nitrogen in the form of ammonium in the CRI system was compared
between the controls (with and without pH adjustment) and after the addition of two concentrations
of KClO3 to the influent. Removal efficiency was calculated as the difference in concentration between
influent and effluent (influent concentration minus effluent concentration) divided by the concentration
in influent.

Adjustment of the influent pH to 8.4 of Test 2 only had a minor effect on ammonium nitrogen
removal during the first 10 days (Figure 5), the reason may be that the AOB need time to adapt the new
pH environment in the system. There was no difference in removal efficiency between Test 4 (pH 8.4,
3 mM KClO3) and Test 2 (pH 8.4), as both reached approximately 87% removal on average (Figure 5).
However, in presence of 5 mM KClO3 (Test 3), the NH4

+-N removal efficiency was reduced, though
it still reached 66% on average. Xu et al. [11] also found that oxidation NH4

+ to NO2
− was slightly

inhibited by chlorate. This is most likely the chlorate has a slight inhibition of AOB activity, as a result
of which NH4

+-N oxidation efficiency was less efficient.

Figure 5. Cont.
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Figure 5. Ammonium-nitrogen removal. (a) Absolute concentrations of NH4
+-N in effluent and

influent; (b) Ammonium-nitrogen removal efficiency (in %) of the four experimental tests of CRI.

3.2. Effect of Potassium Chlorate on Nitrate Accumulation in a CRI System

As can be seen in Figure 6, there was no significant difference between Test 2 (pH 8.4), resulting
in a nitrate concentration of on average 36.24 mg/L, and Test 4 (pH 8.4, 3 mM KClO3), resulting in
34.51 mg/L. Very similar results were obtained for the control in which the pH of the influent had not
been adjusted (Test 1, pH 7.3). In contrast, Test 3 (pH 8.4, 5 mM KClO3) resulted in much lower nitrate
concentrations of approximately 7.39 mg/L on average, which represented an 80% reduction compared
to the control. As shown, the nitrate concentration in effluent of Test 3 was reduced within 48 h after
addition of 5 mM KClO3 and reached a minimum of 2.92 mg/L on day 13. This result shows that
addition of 5 mM KClO3 to the influent was able to strongly prevent the oxidation of nitrite, a condition
that favours the accumulation of nitrite and is desired for shortcut nitrification achievement.

Figure 6. The nitrate-nitrogen concentration in influent and effluent in the four experimental tests of
CRI system.
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3.3. Effect of Potassium Chlorate and pH on Nitrite Accumulation in a CRI System

Previous studies have described that the pH of the influent is a decisive factor for inhibiting
NOB activity. For instance, Banashri [19] described that nitrite accumulation can be improved at high
pH (8–9). Glass and Silverstein [22] observed a significant increase of nitrite accumulation (250, 500 mg/L)
in sequencing batch reactors when wastewater pH was increased during nitrification (pH 7.5, 8.5,
respectively). Thus, we adjusted the influent sewage pH to 8.4 of Test 2 and observed (Figure 7a) that
the average nitrite accumulation percentage of Test 2 (pH 8.4) was 1.5%, which was slightly higher than
that of Test 1 (0.50%, pH 7.3). Nevertheless, this increase was too weak to support shortcut nitrification.
Thus, a pH of 8.4 is, by itself, insufficient to enable effective shortcut nitrification in a CRI system.

Figure 7. Nitrite accumulation in effluent. (a) Effect of pH on nitrite accumulation percentage (bars) and
concentration (curves) in the effluent of Test 1 (pH, 7.3) and Test 2 (pH 8.4); (b) The nitrite accumulation
percentage (bars) and concentration (curves) in effluent of Tests 2–4.
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The average nitrite accumulation percentage in our tests are shown as bars in Figure 7b. As can
be seen, these percentages were very low in Test 2 (1.56% on average) and Test 4 (3.43% on average),
but much increased in Test 3, resulting in 59.80% accumulation percentages on average. Thus,
the addition of 5 mM KClO3 strongly supported accumulation of nitrite in the test CRI system.
Combined with the data presented in Figures 5–7, it can be concluded that, whereas nitrate was the
dominant product in effluent of Tests 1, 2, and 4, nitrite was the dominant nitrogen product of Test 3,
as a result of effective nitrite oxidation inhibition.

As apparent in Figure 7b, the nitrite accumulation percentage in effluent of Test 3 increased
sharply during the first seven days (from, initially, 9.02% to 52.76%) and further increased to reach
a plateau of up to 80% during days 15–23. The nitrite concentration peaked at day 21 at 24.54 mg/L.
After this, the nitrite accumulation percentage slightly decreased, but still reached 53% at day 39.
The reason may be that the long-term addition of the chlorate will cause a slight inhibition of AOB
activity. However, the result also indicates that shortcut nitrification can be not only be achieved, but
also maintained in the tested CRI system by the addition of 5 mM KClO3 in the influent at a pH of 8.4.

3.4. Prospects for the Achievement of Shortcut Nitrification–Denitrification in a CRI System

Xu et al. [11] mentioned that the shortcut nitrification–denitrification process could save 40% of
carbon source consumption, compared with the full nitrification–denitrification process. Chen [23]
observed that an increased COD concentration (51.3, 69.3, 73.3 mg/L) in the effluent in biological filters
when the nitrite percentage (NO2

−/(NO2
− + NO3

−) × 100%) in the influent was increased (0%, 50%,
80%, respectively). As we can see from Figure 7, the shortcut nitrification could be achieved successfully
in the CRI system by adding 5 mM KClO3 in Test 3, and its mean concentration and accumulation
percentage of nitrite could reach to 12.98 mg/L and 59.80%, respectively. Thus, the accumulation of
nitrite in Test 3 could provide electron acceptor for the subsequent shortcut denitrification. However,
Chen et al. [15] found that the removal efficiency of COD could reach 90% during shortcut nitrification
in the CRI system. Wang et al. [8] mentioned that carbon source, nitrate/nitrite and anaerobic
environment are essential for denitrification in the CRI system since most of the denitrifying bacteria
are facultative anaerobic and use organic matters as carbon sources under the anoxic condition to
provide energy. However, in this study, we calculated that the removal percentage of CODcr of four
tests all reached more than 91%, and the mean concentration of residual CODcr of Test 3 was only
around 7.28 mg/L, which was too low to support the subsequent shortcut denitrification. Therefore,
if a shortcut denitrification experiment will be conducted, an external carbon source is required to
be added to the influent. Methanol, ethanol, acetic acid, and cellulose were all studied as external
carbon sources for denitrification in previous studies. Yan et al. [24] found that methanol is easily
biodegraded and used by denitrifying bacteria and the denitrification rate of methanol is very high.
Zhang [25] found that the complete removal of nitrogen in effluent can be achieved by adding sufficient
methanol in denitrification process. Gómez et al. [26] found that methanol is an ideal carbon source
for denitrification. Thus, if methanol (CH3OH) is chosen as an external carbon source for subsequent
shortcut denitrification, the equations of full denitrification (Equation (1)) and shortcut denitrification
(Equation (2)) are shown as follows:

NO3
− + 1.08CH3OH + 0.24H2CO3 → 0.056C3H7O2N + 0.47N2 + 1.68H2O + HCO3

− (1)

NO2
− + 0.67CH3OH + 0.53H2CO3 → 0.004C3H7O2N + 0.48N2 + 1.23H2O + HCO3

− (2)

According to Equations (1) and (2) and the data from Figures 6 and 7, the mean nitrate
concentration of Test 2 (pH 8.4) and Test 3 (pH 8.4, 5 mM KClO3) are about 36.24 mg/L and
7.39 mg/L, respectively, the mean nitrite concentration of Test 2 and Test 3 are about 0.57 mg/L
and 12.98 mg/L, respectively. If the subsequent shortcut denitrification will be achieved, the dosage of
CH3OH used for Test 2 denitrification will consume 98.38 mg CH3OH per litre of sewage during the
operating period, but, Test 3 only needs 38.11 mg CH3OH per litre of sewage for denitrification and
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shortcut denitrification, which was only 38.73% of the consumption of Test 2. Moreover, an anaerobic
environment is also important for the denitrification in the CRI system. Fan et al. [1] added a sub-section
intake and overflow pool in the CRI system simulated columns and found this method will increase
the total nitrogen removal efficiency to 64.8%. Therefore, if the shortcut nitrification–denitrification
process in the CRI system is implemented in the subsequent research, not only will the external carbon
source be added in the denitrification section, but a saturated water layer will also be constructed in
the bottom of the denitrification section to improve the total nitrogen removal performance of the
CRI system. Furthermore, although, the chlorate is easily biodegraded by nitrate reductase in an
organic-rich environment, the appropriate amounts of reductant also need to be added into the reactor
to fully eliminate potential pollution when the shortcut nitrification process ended [11]. Thus, although
achievement of shortcut nitrification–denitrification process in the CRI system will present many
advantages, such as improving the denitrification rate, simplifying the reaction process, and saving
carbon source consumption, there is still much research work needed to be done towards applying
this new technology in a practical project.

4. Conclusions

(1) The addition of 3 mM KClO3 to influent at a constant pH of 8.4 is not sufficient to inhibit that of
NOB so that shortcut nitrification does not take place in the CRI system.

(2) Adjusting the pH of influent to 8.4 alone did not contribute much to establish shortcut nitrification
in CRI.

(3) Although, the addition of 5 mM KClO3 in influent could both inhibit the activity of
ammonia-oxidizing bacteria (AOB) and nitrite-oxidizing bacteria (NOB), the inhibition of NOB
was so strong that made the NO2

−-N to be the dominant product of total oxidized nitrogen in
effluent for a long period, showing that shortcut nitrification could be achieved and maintained
successfully in a CRI system.

(4) According to the data of nitrate and nitrite in Figures 6 and 7, the consumption of external carbon
source (CH3OH) for subsequent denitrification was calculated and analysed by using Equations
(1) and (2), the results showed that the consumption of carbon source (CH3OH) of Test 3 (pH 8.4,
5 mM KClO3) was only 38.73% of the consumption of Test 2 (pH 8.4). Therefore, compared with
conventional sewage treatment methods, achievement of the shortcut nitrification–denitrification
process in the CRI system will take both the advantages of the CRI system and shortcut
nitrification–denitrification process; it will not only have a unique structure and feeding mode to
construct aerobic, facultative, and anaerobic environments for microorganism enriching in the
filling medium, but also improve the denitrification rate and save the carbon source consumption
during the reaction process.
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Abstract: Low-energy cost wastewater treatment is required to change its current energy-intensive
status. Although promising, the direct anaerobic digestion of municipal wastewater treatment faces
challenges such as low organic content and low temperature, which require further development.
The hydrolysis-aerobic system investigated in this study utilized the two well-proven processes
of hydrolysis and aerobic oxidation. These have the advantages of efficient COD removal
and biodegradability improvement with limited energy cost due to their avoidance of aeration.
A pilot-scale hydrolysis-aerobic system was built for performance evaluation with actual municipal
wastewater as feed. Results indicated that as high as 39–47% COD removal was achieved with a
maximum COD load of 1.10 kg/m3·d. The dominant bacteria phyla included Proteobacteria (36.0%),
Planctomycetes (15.4%), Chloroflexi (9.7%), Bacteroidetes (7.7%), Firmicutes (4.4%), Acidobacteria (2.5%),
Actinobacteria (1.8%) and Synergistetes (1.3%), while the dominant genera included Thauera (3.42%)
and Dechloromonas (3.04%). The absence of methanogens indicates that the microbial community was
perfectly retained in the hydrolysis stage instead of in the methane-producing stage.

Keywords: hydrolysis-aerobic; municipal wastewater treatment; microbial community;
high-throughput sequencing

1. Introduction

Wastewater treatment accounts for a large amount of the energy load in society as a whole.
It is estimated that 3–4% of total U.S. electricity is consumed for the movement and treatment of
water and wastewater [1]. A similar situation could be observed in other developed and developing
countries. High energy consumption also creates a large carbon footprint, accelerating global warming.
As wastewater production increases due to population and economic growth, the energy-water burden
becomes heavier for the future, undermining social sustainability. Thus, it is of great importance to
reduce energy costs during the treatment of wastewater.

Wastewater treatment, which is mainly based on the conventional active sludge process (CAS),
is criticized as energy-intensive for its heavy aeration. Based on a full-scale plant energy audit, energy
as high as 50% was used to supply air for aeration tanks during the CAS process. The anaerobic
digestion (AD) process, which avoids aeration and meanwhile recovers energy in the form of CH4 from
organics, is a perfect alternative choice for wastewater treatment [2]. Based on energetic calculation,
the energy potential in domestic wastewater is higher than that consumed during treatment [3].
Namely, it is even possible to turn wastewater treatment (WWTP) into a net energy producer using a
carefully designed process [4]. However, full-scale direct anaerobic treatment of domestic wastewater
is mainly applied in developing countries in (sub)tropical regions such as Brazil, Mexico, Egypt, and
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India. Its performance is generally unsatisfactory. Challenges exist for its wide application, including
a low concentration of organics and low temperature in winter in temperate regions, both of which
usually lead to biomass loss, inefficient organic biodegradation, and poor effluent quality.

Multiple measures have been considered to solve this problem, such as enhancing the anaerobic
methane-producing process. The most viable idea is the use of the anaerobic membrane bioreactor
(AnMBR), which has been thoroughly investigated in past decades [5]. The AnMBR utilizes the
membrane with a high separation efficiency to retain enough biomass to maintain a sufficiently high
solids retention time (SRT). The quality of effluent is also guaranteed with the use of membrane
filtration. Recently another idea, which has drawn much attention, is to separate and concentrate
organics in limited volume. First, this is performed through coagulation, adsorption or membrane
filtration, and then it anaerobically transforms the concentrated organics into CH4 in a more
conventional way for energy recovery [6]. Although all these developments are promising, further
efforts are still needed for their scale-up and full-scale application.

The hydrolysis-aerobic hybrid treatment investigated in this study combined the two well-proven
processes of hydrolysis and aerobic oxidation, which was expected to achieve the advantages of
the two processes. Due to the limitations of anaerobic methane production mentioned above, part
of AD—namely hydrolysis—was applied and combined with aerobic post-treatment. Based on the
individual bacteria species, the anaerobic process can be divided into three stages, including hydrolysis,
acidogenesis and methanogenesis [7]. Hydrolysis is the initial stage when complex organic polymers
are hydrolyzed into simple molecules by hydrolytic enzymes of fermenting bacteria. During the
acidogenesis and methanogenesis processes, intermediate products including volatile fatty acids
(VFA), such as acetate and H2, were generated and finally converted into CH4. For the first stage of
AD, hydrolysis has been widely used as a biological pre-treatment. Hydrolysis can not only partially
remove COD by fermentation and maybe also respiration of some of the hydrolysis products, but
biodegradability can also be improved. Hydrolysis has been used for a lot of refractory feed, including
both solid and liquid waste such as lignocellulosic biomass (e.g., sugarcane bagasse and rice straw) [8],
excess sludge [9], food waste [10] and refractory/particulate-rich wastewater from tanneries [11] and
the petrochemical industry [12]. The inhibiting issue of the antibiotic (e.g., tetracycline) production
of wastewater for the following biological process could be avoided through the use of hydrolysis
with a BOD/COD ratio increase [13]. Moreover, hydrolysis is based on anaerobes with no aeration
and no additional heating requirements, indicating its low-energy cost for large-volume municipal
wastewater treatment. Combined with aerobic post-treatment, effluent quality could be improved
and also the energy requirement for post-aeration could be reduced due to a lower COD load and
high biodegradability. Therefore, the hydrolysis-aerobic hybrid treatment process was expected to be a
potential low-cost approach for the treatment of municipal wastewater. However, the performance of
the hydrolysis-aerobic process still requires optimization through an investigation on the effects of
operation parameters such as the COD load. The structure of the bacterial community also needs to
be revealed.

In this study, a pilot-scale hydrolysis-aerobic system was built for performance evaluation
with actual municipal wastewater as feed. The influence of the COD load on hydrolysis was
investigated. The bacterial community structure of the hydrolysis system was analyzed using
high-throughput sequencing.

2. Materials and Methods

2.1. Pilot Plant Experiments

The performance of hydrolysis-aerobic treatment was evaluated using a pilot-scale hydrolysis
reactor (Figure 1) and aerobic post-treatment. All the pilot facilities were installed in Caoxian
WWTP in Shandong province, China. Pilot-scale hydrolysis reactor with a vertical acrylic column
(2 m diameter × 6 m length) was used, with double loop inside. It was composed of four main
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parts: the cone on the bottom, the cylinder, the tri-phase separator and the sludge circulation system.
The sludge circulation pump controlled the rate of internal sludge circulation and provided suitable
shear force for sludge at different growth stages. Sludge flowed from top to the bottom and sewage
moved up-flow, with the down-flow/up-flow ratio more than 10:1 at the start-up stage.
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Figure 1. A schematic view of the hydrolysis reactor.

Actual municipal wastewater after the coarse filter of Caoxian WWTP was taken as feed.
The BOD/COD of municipal wastewater feed was as low as about 0.2, due to some industrial
wastewater flowing into WWTP. Sludge from the thickening tank was inoculated into the hydrolysis
reactor with a final concentration of 25 g/L. The effective volume of the hydrolysis reactor is
16.5 m3. Pilot-scale experiments lasted for approximately 45 days and had four stages. During
the pilot experiment, temperature was maintained around 25 ◦C. The first stage was a start-up with
approximately 50 h of hydraulic retention time (HRT). After 16 days of operation, HRT was reduced to
21 and 12 h in stage II and stage III with COD increasing, respectively. To evaluate the limitation, HRT
was reduced further to 5 h in stage IV until the operation performance collapsed.

2.2. Analytical Methods

The chemical oxygen demand (COD) and NH4-N were determined using colourimetric techniques
with a HACH spectrophotometer (DR 5000, HACH, Loveland, CO, USA). Illumina HiSeq (Santiago,
MN, USA) sequencing was applied to analyze the microbial consortium of the last stage sludge from
the hydrolysis reactor. The procedures used are as follows: (1) The total genomic DNA was extracted
using a DNA extraction kit (Mo Bio Laboratories, Carlsbad, CA, USA) according to the manufacturer’s
instructions; (2) PCR amplification was performed using specifically synthesized primers with a
barcode (Forward: GTGCCAGCMGCCGCGGTAA, Reverse: GGACTACHVGGGTWTCTAAT) in the
ABI GeneAmp® 9700 system (Bio-Rad, Hercules, CA, USA) using the following programme: 5 min of
denaturation at 95 ◦C followed by 30 cycles of 30 s at 95 ◦C (denaturation), 30 s for annealing at 58 ◦C
and 25 s at 72 ◦C (elongation), with a final extension at 72 ◦C for 7 min, and polymerase chain reaction
(PCR) products were saved for Illumina HiSeq sequencing; and (3) high-throughput sequencing was
performed using the Illumina HiSeq 2500 platform (Illmumina, Santiago, MN, USA).
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3. Results and Discussion

3.1. Effects of the Organic Loading Rate (OLR) on Hydrolysis

As shown in Figure 1, the performance of a pilot-scale hydrolysis reactor was evaluated from
start-up to stable stages with an increasing COD load. Stage I was a start-up with an average COD load
of 0.14 kg/m3·d. At the start, there was little to even negative COD removal due to inoculum sludge
cell lysis and the release of organics. After 8 days of acclimatization, hydrolysis took over the main
reaction and COD removal reached 40~50%. At the start-up stage, the total average COD removal was
25.1%. During stages II and III, the COD load increased to 0.34 kg/m3·d and 0.71 kg/m3·d. Meanwhile,
the COD removal also increased to averages of 39.3% and 47.7%. The influence and effluence COD
during pilot experiments is shown in Table 1. It should be noted that although the average COD
removal efficiencies increased comparing Phases II and III, it was not significantly different due to
fluctuating influent COD and limited measurements.

Table 1. COD removal during different stages of hydrolysis.

Influent COD (mg/L) Effluent COD (mg/L) Removal Efficiency (%) HRT (h)

Phase I 244.8 ± 138.4 183.4 ± 70.2 25.1 51.68
Phase II 270.3 ± 53.1 164.1 ± 44.4 39.3 21.29
Phase III 244.3 ± 70.7 127.8 ± 40.4 47.7 12.78
Phase IV 242.0 ± 122.8 201.5 ± 88.4 16.7 4.97

In the last stage, stage IV, the COD load increased to 1.10 kg/m3·d with a very short HRT of 4.97 h.
It should be noted that the hydrolysis performance was negatively impacted in this condition and
the COD removal was only 20.2%. The main reason for the collapse of COD removal is probably the
loss of microbial sludge in hydrolysis reactor due to the short HRT and high up-flow velocity. Recent
research reporting granular hydrolysis sludge with much higher settleability was potential solution to
improve performance of hydrolysis reactor, which could be investigated in further research.

3.2. Performance of the Hydrolysis-Aerobic System

The performance of the hydrolysis-aerobic system (stages III and IV) is illustrated in Figure 2.
The COD of influent, after hydrolysis and the final effluent during stage III, was 244.3 ± 70.7 mg/L,
127.8 ± 40.4 mg/L and 59.6 ± 14.1 mg/L. The removal efficiencies of hydrolysis and the total
hydrolysis-aerobic system were 44.8 ± 9.7% and 71.9 ± 13.1%, respectively. As high as 44.8% COD
removal was achieved during hydrolysis, indicating its high efficiency. Additionally, the fluctuation
was reduced for COD after hydrolysis, indicating its anti-shock loading capability. In other words, the
hydrolysis system is a pre-treatment process with an anti-shock loading capability. The performance
of the aeration process was not optimized and the effluent COD was still higher than 50 mg/L. It is
expected that effluent COD can be reduced through modified aeration.

In comparison, at stage IV after hydrolysis and the final effluent, the COD of influent was
242.0 ± 122.8 mg/L, 201.5 ± 88.4 mg/L and 48.0 ± 8.2 mg/L. The removal ratios of hydrolysis and
the total hydrolysis-aerobic system were 15.1 ± 5.1% and 75.8 ± 12.0%, respectively. The COD removal
achieved through hydrolysis was remarkably limited due to the high COD load and the very short
HRT over-reactor limits. Although the total COD removal of stage IV is close to that of stage III,
its aeration energy consumption was probably higher than that of stage III. Furthermore, little nitrogen
was removed by hydrolysis. No obvious NH4-N reduction was observed (20.3 ± 4.8 mg/L after
hydrolysis with influent of 19.3 ± 6.1 mg/L). Nitrification occurred in subsequent aeration process
and NH4-N decreased to 2.9 ± 1.0 mg/L in final effluent.
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Figure 2. Effects of the organic loading rate (OLR) on the COD removal (based on TCOD) of the
hydrolysis reactor.

From the perspective of cost saving, the hydrolysis-aeration hybrid system demonstrates its
potentials on two advantages. The first is energy saving by degrading part of organics during
hydrolysis process, which otherwise would be removal by energy-intensive aeration process e.g., about
105~120 mg/L COD was removal during hydrolysis (stages II and III). Here we assume the energy for
aeration was providing 1 kg O2/kWh energy input. Based the roughly estimation, the energy saving
by COD removal of hydrolysis process could be as high as 0.11~0.12 kWh/m3, indicating its advantage
over conventional process. The other potential advantage is to improve biodegradability by degrade
complex organic compounds into small molecules during hydrolysis.

3.3. Microbial Community Analysis

The structure and diversity of bacterial communities in the hydrolysis reactor were revealed
using high-throughput sequencing (HiSeq). Analysis of both the phylum and genus levels of the
bacterial community is shown in Figure 3. Bacteria phyla with a relative abundance above 1% included
Proteobacteria (36.0%), Planctomycetes (15.4%), Chloroflexi (9.7%), Bacteroidetes (7.7%), Firmicutes (4.4%),
Acidobacteria (2.5%), Actinobacteria (1.8%) and Synergistetes (1.3%). These phyla were also identified
by other researchers as the dominant bacteria phyla for wastewater treatment [14]. It is reported
that Proteobacteria, Bacteroidetes and Firmicutes are dominant bacteria phyla in a conventional
active sludge process and also in a hydrolysis system. In this study, they account for approximately
48.1%. Proteobacteria has been widely reported in the wastewater treatment process for its multiple
functions [15]. It was revealed that Bacteroidetes has the capacity to convert organic carbon to CO2

through aerobic oxidation [16]. Firmicutes, as reported previously, was connected with hydrolyzing
long-chain organics into small molecules [17]. The hydrolysis reactor exhibited a strong performance
in removing and degrading the complex organic compounds in the municipal wastewater.

The hydrolysis processes required the presence of a diverse group of bacteria, which were probably
closely dependent on each other. There were as many as approximately 200 genera identified in the
hydrolysis system. The utilisation of actual wastewater increased the complexity of the microbial
niche and led to high diversity. As high as 87.4% of the bacteria were unclassified and even unknown
based on genus-level analysis. As shown in Figure 4b, the top ten genera included Thauera (3.42%),
Dechloromonas (3.04%), Rubinisphaera (1.05%), Nitrosomonas (0.98%), Gemmata (0.66%), Desulfobacter
(0.65%), Blastopirellula (0.64%), Ornatilinea (0.63%), Reyranella (0.56%), Thiobacillus (0.48%), Longilinea
(0.48%). The genus Thauera belongs to the Betaproteobacteria class and the Proteobacteria phylum.
It had a denitrification capacity and is widely distributed in wastewater treatment plants, rivers and
polluted pools [18]. It is also reported to be dominant in the denitrification process, such as in the
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DEAMOX (Denitrifying Ammonium OXidation) system. Dechloromonas frequently demonstrated
a capacity to degrade aromatic compounds such as benzene, and this was related to nitrogen
removal [19]. Furthermore, it is widely found in WWTP effluence [19]. Nitrosomonas was strictly of the
ammonia-oxidizing bacterial (AOB), indicating the potential for nitrosification [20]. Desulfobacter is a
genus of sulfate-reducing bacteria (SRB) that utilise sulfate as an electron accepter and degrade aromatic
compounds. Together with Desulfobacula, it was classified as part of the Proteobacteria phylum,
Deltaproteobacteria class, Desulfobacterales order and Desulfobacteraceae family. During hydrolysis,
no aeration reduced the SO4

2− reduction and inhibited SRB abundance and diversity [12]. Longilinea of
the Anaerolineae class and Thiobacillus of the Betaproteobacteria class were reported to degrade refractory
organics including naphthaline and SCN−.Int. J. Environ. Res. Public Health 2018, 15, x    6 of 8 
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Figure 3. COD and NH4
+-N concentration of the influent and effluent and their removal efficiencies

during the hydrolysis-aerobic process (stages III and IV).

Archaeal diversities and communities were also investigated. No methanogens were found as
dominant and only Methanomassiliicoccus was identified with a very low abundance of 0.0096%.
Both the absence of methanogens and the process performances indicated that the microbial
community was perfectly retained within the hydrolysis stage instead of entering into the
methane-producing stage. Moreover, it should be noted that microbial community structure analysis
by HiSeq was performed only for the last stage with single sampling. The evolving of microbial
community structure could be revealed by further research with various sampling over different stages
and it would be more informative approach to provide microbial information.
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Figure 4. Microbial community structures in the hydrolysis reactor at phylum level (a) and genus level (b).

4. Conclusions

The hydrolysis achieved effective pre-treatment with 39–47% COD removal in the hybrid
hydrolysis-aerobic process for the low-cost treatment of municipal wastewater. The performance
of the pilot-scale system was inhibited when the COD load increased to 1.10 kg/m3·d. The microbial
community in the hydrolysis reactor was analyzed. The dominant bacteria phyla included
Proteobacteria (36.0%), Planctomycetes (15.4%), Chloroflexi (9.7%), Bacteroidetes (7.7%), Firmicutes (4.4%),
Acidobacteria (2.5%), Actinobacteria (1.8%) and Synergistetes (1.3%). The dominant bacteria genera
included Thauera (3.42%) and Dechloromonas (3.04%). High microbial diversity was observed with
actual wastewater as feed, indicating a large proportion of genera that needs to be investigated further.
The absence of methanogens indicates that the microbial community was perfectly retained in the
hydrolysis stage instead of in the methane-producing stage.
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Abstract: This study considers the two factors of environmental protection and economic benefits
to address municipal sewage treatment. Based on considerations regarding the sewage treatment
plant construction site, processing technology, capital investment, operation costs, water pollutant
emissions, water quality and other indicators, we establish a general multi-objective decision model
for optimizing municipal sewage treatment plant construction. Using the construction of a sewage
treatment plant in a suburb of Chengdu as an example, this paper tests the general model of
multi-objective decision-making for the sewage treatment plant construction by implementing a
genetic algorithm. The results show the applicability and effectiveness of the multi-objective decision
model for the sewage treatment plant. This paper provides decision and technical support for the
optimization of municipal sewage treatment.
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1. Introduction

With the continuous advancement of China’s economic construction and the enhancement of an
overall social consciousness regarding environmental protection, municipal sewage treatment, known
as an important measure to protect water resources and control water pollution, has received increasing
attention. Many studies have shown that municipal sewage contains large amounts of contaminants,
such as nitrogen and phosphorus [1], resistance genes and hormones [2,3] and trace contaminants [4,5].
Several countries in Europe and the United States have constructed many municipal sewage treatment
plants, which have effectively controlled environmental water pollution [6,7]. However, in some of the
sewage treatment plants, especially the county-level sewage treatment plants, there is a lack of funds
for their operation [8]. In addition, with the annual increase in municipal sewage treatment capacity,
a dramatic increase in municipal sewage sludge production has occurred, with concomitant concerns
regarding improper sludge disposal and retention of organic contaminants [9]; therefore, secondary
pollution to the water and the atmosphere will occur if the sludge enters the environment without
the appropriate disposal measures [10]. Hence, sludge should be considered from a comprehensive
perspective. In China, water resources per capita are scarce, especially in the densely populated cities,
and water pollution is more serious [11]. Unfortunately, there are also some existing backwards for
municipal sewage treatment, such as high operation costs and low removal efficiency [12]. Therefore,
in order to align with the sustainable development of society, it is necessary to analyze the overarching
factors, such as technology, economy, environment and management in relation to sewage treatment
and put forward scientific suggestions for the construction of sewage treatment plants.
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Processing technology is the most important factor affecting sewage treatment, and mainstream
sewage treatment processes rely on biological treatment methods because of technical and cost
efficiencies [13,14], which mainly include the activated sludge method and the biofilm method.
In addition, the activated sludge method is more widely used because of its sewage removal
capacity [15], including Intermittent Cycle Extended Aeration System (ICEAS) process, Anaerobic
Anoxic Oxic (AAO) method, and oxidation ditch. Bhatnagar and Sillanpää, [16] analyzed the
application of adsorbent in sewage treatment. Kartal et al. [17] claimed that the use of anoxic
ammonium-oxidizing (anammox) bacteria can facilitate effective removal of ammonia and nitrite.
Plakas and Karabelas [18] argued that nanofiltration (NF) and low-pressure reverse osmosis (LPRO)
can be used to treat pesticides in sewage. Xu et al. [19] and Fu et al. [20] summarized the application of
zero-valent iron (ZVI), including nanoscale zero-valent iron (nZVI)), in wastewater treatment.

In addition to the processing technology, there are many factors that will affect the sewage
treatment plant construction program design, such as construction scale and site selection of the sewage
treatment plant [21,22]. Hernandez-Sancho et al. [21] considered the impact of environmental and
economic benefits on the design of wastewater treatment plants. Cornel and Schaum [23], Bresler [24]
and Dodane [25] focused on the impact of costs in the construction of wastewater treatment plants,
which was related to a number of factors [26]. Molinos-Senante et al. [27] considered a cost-benefit
analysis of wastewater treatment plants from an economical perspective. In addition, to consider
the impact of the size of the sewage treatment plant on the cost, Hernandez-Sancho et al. [28] also
considered the impact of the pollutant removal rate and the equipment age. Mojahed et al. [29]
analyzed the planning of wastewater treatment plants under environmental control. There are also
some studies that analyzed the construction of sewage treatment plants from the life cycle assessment
(LCA) perspective [30–32]. In all, there are many factors that affect the design of municipal sewage
treatment, such as processing technology, site location, environmental protection, investment costs
and operational efficiency. Through a review of the above literature, it can be deduced that existing
municipal sewage treatment facilities lack an important single factor, namely, a systematic theoretical
research approach; moreover, the research conclusion is often not very practical. Hence, faced with
these five indicators in terms of environmental protection and economic benefit, a multi-objective
programming approach is more suitable [33].

This paper aims to put forward some scientific insights regarding the construction of sewage
treatment plants by developing a multi-objective decision model that is subject to some relevant
constraints, such as pollutant control capacity, etc. In addition, the contributions of this paper are
summarized as follows:

1. By combining multiple factors influencing the construction of sewage treatment plants, this study
considers the trade-offs between environmental protection and economic benefit.

2. A general model of multi-objective decision-making under uncertainty conditions is proposed
for optimizing the problem of municipal sewage treatment plant construction.

The structure of this paper is as follows: The introduction provides reviews of previous academic
research in the area of urban sewage treatment planning. A multi-objective decision model to solve the
urban sewage treatment plan problem is established in Section 2. Section 3 is dedicated to application
research. Section 4 discusses conclusions drawn from the research.

2. Description of Multi-Objective Decision Model Building

2.1. Key Problem Statement

The treatment of municipal sewage has become one of the essential measures to protect water
resources and to control water pollution. Nevertheless, the operation of current municipal sewage
treatment plants is not promising. A large number of the sewage treatment plants are not open
throughout the entire year because of high operation costs, weak technical strength, inadequate
staff ability and so on. Therefore, some plants fail to operate at full capacity; moreover, China’s
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urban sewage treatment facilities seriously lag more robust implementations and are inadequate [34],
leading to a poor return on this portion of the national investment. Hence, a comprehensive analysis
of the factors impacting the municipal sewage treatment plants from the perspective of systems
engineering is needed, which can deliver more acceptable solutions that address the perspectives of
the stakeholders [35].

According to the reports of relevant departments, there are multiple reasons for these phenomena,
for instance, unclear operational costs, weak technical strengths, inadequately trained staff, poor
operations management and design problems.

2.1.1. Principal Factors

Sewage treatment technology is the most important factor affecting the results of the sewage
treatment. A suitable processing technology is important and should be chosen according to the actual
local water requirements. Given the different qualities of municipal sewage and domestic sewage,
different processing technologies are required. The primary technologies used for municipal sewage
treatment in China are the Sequencing Batch Reactor (SBR) process, the oxidation ditch process and
the traditional activated sludge process. Each technology for sewage treatment has its advantages,
characteristics, applicable conditions, and deficiencies.

Additionally, the site selection has influences on the sewage treatment plants. The optimal
site of a sewage treatment plant is critical because an optimally established wastewater treatment
plant can efficiently protect the environment and enable the sustainability of economic and urban
development. Moreover, the control target of pollutant discharge, the urban geographic and geological
environment, the function and flow volume of the receiving water and land type and quality are
factors that require consideration.

2.1.2. Environmental Impacts and Economic Benefits

Environmental impacts and economic benefits are of equal importance. From the perspective of
environmental protection, the construction of the sewage treatment plants generally should not cause
irreparable damage to the surrounding environment. Therefore, unsuitable locations include upwind
of a city, upstream of an urban water source or in close proximity to residential areas. After the sewage
treatment plant is put into operation, its effects should be minimized on the environmentally sensitive
areas, the downstream areas for water conservation and, in particular, the aquaculture at the towns.
Moreover, the impact should not exceed the local environmental capacity.

From the perspective of economic benefits, the reuse of wastewater is becoming an essential
approach to addressing water shortages. After the treated sewage reaches the prescribed standard,
it can be used as irrigation water, industrial water, and domestic water for toilet flushing, garden
watering and road cleaning. Therefore, the benefits of return water utilization can be considered when
optimizing the construction scheme.

2.1.3. Uncertainty Problem

Uncertainty widely exists in various social phenomena, natural phenomena and engineering
practice. As a complex system, the municipal sewage treatment system includes three kinds of
elements: human, matter and environment, and has three key processes: input, inner system and
output, so it includes various kinds of uncertainty (see Figure 1).

First, inherent uncertainties in nature include hydrology, geography, temperature, precipitation,
and amount of solar radiation, and the environmental parameters can constantly change with the
changes in the weather and other conditions. In a sewage treatment system, the condition of the
original sewage input, the treatment effectiveness and the environmental influence of the treated
sewage output are subject to uncertainty due to changes in such parameters as temperature, humidity,
and radiation exposure. For example, the input volume is highly related to the temperature and rainfall;
the treatment effectiveness is related to the temperature, light and humidity. Second, the uncertainties

260



Int. J. Environ. Res. Public Health 2018, 15, 448

caused by human activity in a sewage treatment system are mainly reflected in the input and treatment
processes. For, example, the releasing of water saving policies could decrease the original sewage
volume; domestic sewage is greater on non-working days and industrial sewage is greater on working
days. Meanwhile, possible sudden emergencies such as a pipeline leakage may increase the pollutant
level in the sewage. Additionally, the serious working attitude of the staff in the treatment plant
has a positive influence on the effectiveness of sewage treatment. Third, the uncertainties caused by
an engineering system can be reflected in the input and treatment processes. In the input process,
the pollutant level of the original sewage may decrease with technological improvements adopted by
the factories. In the treatment process, operational mistakes in the sewage treatment or monitoring
deviations in sewage detection can negatively impact sewage treatment. Therefore, using a systems
perspective, the sewage treatment problem has uncertainty in many aspects of its subsystems, and these
characteristics facilitate using an uncertainty framework to solve this problem within the context of
its environment.
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Figure 1. Uncertainty of urban sewage treatment problem.

The sewage concentration is the most important element that is related to the decision of each
process step and the final goals. The sewage influent concentration may influence the site and
technology selections of a treatment plant and further influence the economic and ecological goals.
The influent concentration involves the rate of the pollutants quantity and sewage volume, which is
affected by various uncertain factors. Therefore, the influent concentration is also uncertain and difficult
to define with crisp values. In this paper, the influent concentration is valued by two indices: Chemical
Oxygen Demand (COD) να

in0 and ammonia nitrogen ν
β
in0 [12,36]. The corresponding managers can only

predict the most possible value of influent concentration νin0 which approximately follows a normal
distribution, i.e., νin0 ∼ N

(
µ, δ2). Therefore, it is appropriate to consider a sewage treatment system

as a random environment.
Using the background of uncertainty, factors such as the site selection, selection of wastewater

treatment technology, environmental impacts and economic benefits allow for the development of
a scientific construction plan for the sewage treatment plant. The uncertainty approach ensures the
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quality of sewage treatment, guarantees the stable operation of the plant and meets the treatment
standards. Hence, the construction scheme is the focus of this paper (see Figure 2).Int. J. Environ. Res. Public Health 2018, 15, x    5 of 18 
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2.2. Question Assumption

1. All construction schemes are aligned with the overall land utilization planning, urban master
planning, special planning of a sewage treatment, as well as such regulations as relevant laws,
specifications, and procedures.

2. Due to the constraints of factors such as the floor space, the paper assumes that in terms of
decision-making, the number of sewage treatment plants to be built is less than N.

3. It is assumed that the distributions of the main sewage source at the construction site of a
treatment plant is determined and assumed that the influent concentrations are the same.

4. Apart from the infrastructure investments affected by the design treatment capacity and efficiency,
the construction and investment costs of a sewage treatment plant also include the purchase and
installation costs of different pieces of treatment equipment required by different processes.

5. The management and operation costs mainly consist of, for instance, pipeline maintenance, energy
consumption, and equipment repair, which is different from sewage treatment engineering.

In terms of the impact of a sewage treatment plant on the environment, the impact of the noise and
odor of that plant on the surrounding residential land and sensitive spots are principally considered.
Taking all of the environmental impact factors into account was accomplished by utilizing the fuzzy
multi-attribute method; the larger the value, the greater the impacts of the site on the environment.

2.3. Modeling

Based on the general multi-objective, decision-making model of a sewage treatment plant and
considering the specific conditions of this case, this section establishes the objective functions and
constraint conditions from the perspective of a cost model, eventually forming the multi-objective
programming model which is suitable for this case.

2.3.1. Objective Function

There are multiple factors affecting the construction of a sewage treatment plant, for instance,
the overall consideration of the economic, social and environmental benefits, etc. This paper sets four
objectives, namely, minimum cost, minimum environmental impact, maximum benefit of recycled
water and maximum sewage treatment efficiency.
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xi represents whether the optional site Ai can be selected to build a sewage treatment plant: if
xi = 1, then, site Ai can be chosen to build a treatment plant. If xi = 0, then, site Ai is not suitable to build
such a plant. yij denotes whether the j technology Tj can be used in treatment plant i: if yij = 1, then,
Tj can be used in the treatment plant Ai. If yij = 0, then, Tj is not suitable for plant Ai. The treatment
capacity of technology j is denoted tj.

According to Assumption 4, the initial capital cost comprises construction cost of a treatment
plant, cost of off-site sewage interception pipelines, land expropriation cost and household demolition
compensation cost. Hence, the initial capital cost is:

n

∑
i=1

Ci(Qi, yij)xi +
n

∑
i=1

Li(li)xi +
n

∑
i=1

xiDi(si) (1)

According to Assumption 5, the management operation cost is:

n

∑
i=1

xiFi(yij) (2)

Then, the objective function I pertains to the minimum investment cost, which can be written as:

min f1(xi, yij) =
m

∑
j=1
{

n

∑
i=1

Ci(Qi, yij)xi +
n

∑
i=1

Li(li)xi +
n

∑
i=1

xiDi(si) +
n

∑
i=1

xiFi(yij)
}

(3)

The objective function II pertains to the minimum environmental impact, which can be written as:

min f2(xi) =
n

∑
i=1

δixi (4)

Accordingly, the reclaimed sewage benefit of treatment plant i is the recycled water income BiλiQi;
therefore, the objective function III pertains to the maximum benefit, which can be written as:

max f3(xi) =
n

∑
i=1

BiλiQixi (5)

Upon completion of a treatment plant, the sewage treatment efficiency is expected to be
maximized; the objective functions IV and V, therefore, are the minimum discharge of COD and
ammonia nitrogen, respectively:

min f4(xi, yij) = E

[
n

∑
i=1

Qixi(1− λi)ṽα
outi

]
(6)

min f5(xi, yij) = E

[
n

∑
i=1

Qixi(1− λi)ṽ
β
outi

]
(7)

where vα
outi = vα

in0 − tjyij; vβ
outi = vβ

in0 − tjyij.

2.3.2. Constraints

1. Pollutant processing capacity. The pollutant processing capacity of a sewage treatment plant
should not be less than the sewage quantity, and the actual processing capacity should be more
than 60% of the design capacity. In other words:

0.6
n

∑
i=1

Qixi ≤
m

∑
i=1

qi ≤
n

∑
i=1

Qixi (8)
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2. Construction investment limitation. Before constructing a sewage treatment plant, the planning
department sets a certain total investment; in other words, the construction investment funds
should not exceed the upper limit of the total investment. It can be written as:

n

∑
i=1

Ci(Qi, yij)xi +
n

∑
i=1

Li(li)xi +
n

∑
i=1

xiDi(si) ≤ M (9)

where M is the prescribed investment limit.
3. Emissions standards. According to the total pollutant control target, after completion of a sewage

treatment plant, effluent must meet certain standards; in other words, the main pollutant content
should be less than the standard content. It can be written as:

COD : E

[
n

∑
i=1

Qixi(1− λi)
(
ṽα

in0 − tjyij )

]
< WCOD, (10)

NH3 −NE

[
n

∑
i=1

Qixi(1− λi)
(

ṽβ
in0 − tjyij )

]
< WNH3−N, (11)

where WCOD and WNH3−N represent COD and ammonia nitrogen emissions control standards of
that region, respectively.

4. Effluent concentration limitation. To meet discharge standards, effluent concentration should be
less than the upper limit of the stated standard. That is:

E
[
vα

in0 − tjyij
]
< ηα

0 , i = 1, 2, . . . , n (12)

E
[
vβ

in0 − tjyij

]
< η

β
0 , i = 1, 2, . . . , n (13)

where ηα
0 and η

β
0 denote the stated upper limits of wastewater COD and ammonia nitrogen

concentration, respectively. Pollutant discharge standards are generally divided into three types:
Primary standard A (COD, 50 mg/L; NH3-N, 8 mg/L), Primary standard B (COD, 60 mg/L,
NH3-N, 15 mg/L) and secondary standard (COD, 100 mg/L; NH3-N, 25 mg/L).

5. Pollutant treatment rate limitation. The pollutant treatment rate should be more than the lowest
limit:

E
[(

vα
in0 − tjyij

)
/vα

in0
]
> θα

0 , i = 1, 2, . . . , n (14)

E
[(

vβ
in0 − tjyij

)
/vβ

in0

]
> θ

β
0 , i = 1, 2, . . . , n (15)

where θ0 is the stated lower limit of the pollutant treatment rate.
6. Plant quantity limitation. The number of sewage treatment plants to be constructed should not

exceed a certain limit:
n

∑
i=1

xi ≤ N (16)

7. Processing technology selection limitation. Each wastewater treatment plant can only choose to
use one kind of disposal process:

m

∑
j=1

yij = 1, i = 1, 2, . . . , n (17)

264



Int. J. Environ. Res. Public Health 2018, 15, 448

Based on the analysis above, the paper establishes the following multi-objective programming
model subject to constraints (8)–(17):

min f1(xi, yij) =
n
∑

i=1
Ci(Qi, yij)xi +

n
∑

i=1
Li(li)xi +

n
∑

i=1
xiDi(si) +

n
∑

i=1
xiFi(yij)

min f2(xi) =
n
∑

i=1
δixi

max f3(xi, ) =
n
∑

i=1
BiλiQixi

min f4(xi, yij) = E
[

n
∑

i=1
Qixi(1− λi)

(
ṽα

in0 − tjyij)

]

min f5(xi, yij) = E
[

n
∑

i=1
Qixi(1− λi)(ṽ

β
in0 − tjyij)

]

s.t.





0.6
n
∑

i=1
Qixi ≤

m
∑

i=1
qi ≤

n
∑

i=1
Qixi

n
∑

i=1
Ci(Qi, yij)xi +

n
∑

i=1
Li(li)xi +

n
∑

i=1
xiDi(si) ≤ M

E
[

n
∑

i=1
Qixi(1− λi)

(
ṽα

in0 − tjyij
)]

< WCOD

E
[

n
∑

i=1
Qixi(1− λi)(ṽ

β
in0 − tjyij)

]
< WNH3−N

E
[
ṽα

in0 − tjyij
]
< ηα

0 , i = 1, 2, . . . , n
E
[
ṽβ

in0 − tjyij

]
< η

β
0 , i = 1, 2, . . . , n

E
[
(ṽα

in0 − vα
outi)/ṽα

in0
]
> θα

0 , i = 1, 2, . . . , n
E
[
(ṽβ

in0 − vβ
outi)/ṽβ

in0

]
> θ

β
0 , i = 1, 2, . . . , n

n
∑

i=1
xi ≤ N

m
∑

j=1
yij = 1, i = 1, 2, . . . , n

xi, yij = 0 or 1

(18)

3. Application Research

The resident population of the urban area of X county, a Chengdu suburb in Sichuan Province,
is 112,000. According to the county development plan, it will reach 150,000 by 2015. By reference
to per capita household water consumption in Sichuan Province, which is 128.5 L/day, the total
domestic water consumption of that area is approximately 1.9 × 104 m3/day. By calculating on
the basis of 90% of the predicted total domestic water consumption, household sewage discharge
will be 1.7 × 104 m3/day. In addition to sanitary sewage, due to a large number of textile mills and
garment factories in the county, the industrial water consumption is 1.5 × 104 m3/day. By calculating
on the basis of 0.7 of the design coefficient, the predicted industrial wastewater discharge is
approximately 1.1 × 104 m3/day. Therefore, the recent overall sewage discharge of that county will
be 2.8 × 104 m3/day, 60.7% of which is sanitary sewage.

Because of rapid industrial development in the county, industrial wastewater discharge increases
annually; therefore, a sewage treatment plant needs to be established so that the wastewater can be
processed and reach the discharge standard. Three optional sites around the county are available,
from which one or two sites can be selected. Since the county is located in a flood-prone area, the issue
of flood control should not be ignored when building a sewage treatment plant. In addition, some other
actual situations of the county should be taken into account, such as, the planned area, the overall
layout of principal pipelines, the matched technical process, etc.
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3.1. Schemes for Site Selection

Minjiang River runs through the county, which is a resort for holidays, exploration,
and recuperation, with abundant tourism resources and national nature reserves. According to
the overall sewage quantity of the county, principles of site selection and the specific situation of
the county industrial development, the designed process capability of a sewage treatment plant is
between 20,000 and 50,000 m3/day. Considering both the construction scale and the surrounding
areas, the planning area of the plant is approximately 10,000–50,000 m3. Through a preliminary
survey conducted by relevant personnel in the planning process and a solicitation of opinions from
involved parties, three relatively satisfactory plans for the location were selected in accordance with
the principles and requirements of constructing a sewage plant. The details are as follows:

Scheme I: A sewage plant can be built on a mountain slope with a gradient of 40◦. Hence, the land
requires leveling; thus, the capital cost of earthwork is evaluated as 190 thousand USD.

Scheme II: A sewage plant can be built on a river bank with a floodwall, which is used for resolving a
flood issue. Due to the reinforced concrete structure of the floodwall, a total of 4800 m3

of reinforced concrete is needed. Calculating the comprehensive cost of the reinforced
concrete at 63.49 USD/m3, the required investment is 304.76 thousand USD.

Scheme III: A sewage plant can be built on a river bank without a floodwall. In this situation,
the processing equipment needs to be adjusted. It is worth noting that this scheme adopts
an ICEAS process (an improved SBR technique). Adopting this process can completely
avoid the flood control drawbacks of the aeration equipment. Before the flood, we need
only to move the ordinary movable elements without worrying about the key equipment
in the sewage plant.

All of the capital expenditures of a sewage treatment plant in the schemes above are illustrated
in Table 1. In addition, the proposed reuse rate of the reclaimed water of all schemes is 30%, and the
economic benefit of the reclaimed water per unit is 0.19 USD/m3.

Table 1. Cost schedule of all schemes.

Cost Items Scheme I Scheme II Scheme III

Occupied land (10,000 m2) 2.4 4.6 3.5
Land expropriation cost (10,000 USD) 28.57 38.10 34.92

Demolition cost (10,000 USD) 14.29 23.81 20.63
Initial capital cost (10,000 USD) 50.79 47.62 57.14

Sewage pipeline construction cost (10,000 USD) 15.87 31.75 23.81
Sewage pump station construction cost (10,000 USD) 23.81 7.94 15.87

pipeline maintenance cost (10,000 USD) 0.63 0.95 0.63
Pump station operation cost (10,000 USD) 4.13 2.86 3.81

Other operation cost (10,000 USD) 2.54 1.59 1.90
Double circuit return pipe installation cost (10,000 USD) 19.05 15.87 14.29

3.2. Influent and Effluent

For the convenience of calculation, the paper assumes that the influent concentration of the
sewage source is consistent in this area. Because domestic wastewater accounts for a large percent
of the county sewage, and the industrial wastewater belongs to general industrial sewage, COD and
NH3-N are considered the major pollutants. The influent qualities of sewage water pouring into the
treatment plant in this area are determined as:

COD: 252 mg/L NH3-N: 35 mg/L

According to the river system distribution and the sewage treatment plant, the treated water
ultimately flows into Minjiang River and its tributaries. In accordance with GB18918-2002 “Pollutant
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Discharge Standard for Municipal Sewage Treatment Plants” primary standard B, the effluent qualities
of the treatment plant are required as follows:

COD: ≤60 mg/L NH3-N: ≤15 mg/L

The proposed influent and effluent quality and the pollutant removal rate of the treatment plant
are shown in Table 2.

Table 2. The designed influent and effluent quality and pollutant removal rate of the sewage plant.

Item pH COD NH3-N

Influent quality (mg/L) 6–9 252 35
Effluent quality (mg/L) 6–9 60 15

Process rate (%) — 76 57

COD: Chemical Oxygen Demand.

3.3. Processing Technology

Based on the designed processing scale of a sewage plant, the water characteristics, environmental
function and the local actual situation and requirements, the sewage treatment process can be selected
subject to comprehensive technical and economic constraints. According to the requirements of the
influent and effluent quality in this county, as well as the actual situation of Chengdu area, this research
considers the following three optional schemes, namely, the oxidation ditch, ICEAS and A/A/O
method as the alternatives (see Figure 3).

Table 3 lists the structures of oxidation ditch, ICEAS, and A/A/O and shows that some
structures are consistent, while some are different. Table 4 presents the required equipment of the
different structures.

Table 3. Comparison between three types of sewage treatment process structures.

Treatment Process Oxidation Ditch ICEAS * A/A/O

Same structures Coarse screen wells and pumping station, fine screen and grit chamber, blower room, sludge
tank, dewatering room, instruments and center control room

Different structures
Oxidation ditch biological

reaction tank, return sludge
pump room

ICEAS reaction tank
A/A/O biological reaction tank,
secondary sedimentation tank,

return sludge pump room

* ICEAS: Intermittent Cycle Extended Aeration System.

Table 4. Comparison between three types of sewage treatment process equipment.

Treatment Process Oxidation Ditch ICEAS A/A/O

Equipment

Surface aerator, rotating
disc aerator, underwater
agitator, submersible
axial pump

Micro porous aeration device,
plug-flow agitator, water
decanter, ICEAS submersible
sewage pump

Underwater agitator, underwater
propeller, aerator, rotating door,
submersible sewage pump, mud scraper,
electric hoist, excess sludge pump

To summarize, the difference in the equipment costs of the same-size sewage plants primarily lies
in the diverse pieces of equipment of a biological treatment unit structure. Therefore, we integrate the
cost in terms of equipment when establishing the model.
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Figure 3. Three types of sewage treatment process flow charts.

3.4. Total Costs and Solution Procedure

The total cost of a sewage treatment plant consists of an initial investment cost and an operation
cost in this study. In addition, the specific forms of the initial investment cost and the operation cost in
practical calculation are different.

The initial investment cost of a sewage treatment plant in this case comprises costs mentioned in
Table 1 and the diverse process investment cost in terms of different techniques. For the convenience
of calculation, initial investment cost models of three kinds of techniques were borrowed from other
literature and were utilized in this case, as shown in Table 5.
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Table 5. Initial investment cost of three types of sewage treatment processes (lv 2009 [37]).

Treatment Process Oxidation Ditch ICEAS A/A/O

Initial Investment Cost
C′1 = −0.0036Q2

i + 819.13Qi + 106; C′2 = −0.0009Q2
i + 692.12Qi + 2× 106; C′3 =

−0.0079Q2
i + 1085.9Qi + 2× 106

In addition, the operation cost of a sewage plant refers to the expenditure for sewage treatment
after the completion of the project. In the operation of a sewage plant, the operating cost mainly focuses
on pipeline maintenance, energy consumption, equipment repair and so forth. In addition to the
operation cost listed in Table 6, the sewage treatment costs from different processes are also included.

Table 6. Operation costs of three types of sewage treatment process (lv 2009 [37]).

Treatment Process Oxidation Ditch ICEAS A/A/O

Operation cost F1 = 1.8177Q1−0.0534
i F2 = 1.4113Q1−0.0253

i F3 = −9E− 12Q3
i − 1E− 06Q2

i + 1.1188Qi

In this paper, the proposed model is solved by a heuristic algorithm, the Genetic Algorithm (GA),
because it is challenging to solve directly. Figure 4 and Table A1 illustrate the basic process of the
applied genetic algorithm.

3.5. Result Analysis

The parameters for the GA in this problem are as follows: crossover rate 0.2, mutation rate is 0.4,
population size is 25 and maximum generation is 500.

Assign weight to the four objective functions in turn:

ω1 = 0.7, ω2 = 0.1, ω3 = 0.1, ω4 = 0.1

Through calculation, the optimal result of the multi-objective model in this situation is:

x1 = x2 = 0, x3 = 1, Q3 = 3.7× 104, va
ou3 = 35.63, vb

ou3 = 2.39

Accordingly, under the optimal solution, the minimum cost is 4.19 × 106 USD; the maximum
economic benefit is 2.17 × 104 USD; and the removal rates of COD and ammonia nitrogen are
approximately 85.1% and 93.2%, respectively. Because x1 = x2 = 0, which means that schemes I
and II are not considered, any arbitrary value assigned to neither the design capacity nor the removal
rate of COD and ammonia nitrogen in the model is meaningless.

The results above show that within the planned area of 10,000–50,000 m2, to achieve such goals as
reaching the designed capacity of 20,000–50,000 m3/day and meeting the requirements of minimum
investment cost, Scheme III should be selected. In Scheme I a method of building a highland sewage
treatment plant is adopted, leading to larger investment in earth work and annual operation cost.
Through analysis, the paper concludes that Scheme I is not economically feasible. In Scheme II,
the sewage plant is surrounded by a flood wall, resulting in a series of problems, such as a large
investment and landscape affects. Scheme III adopts provisions to install submersible sewage pumps
and jet aeration devices, plan a control room and install the electric transformation and distribution
equipment with localized elevation in the building of the sewage plant. Although the investment
increases to a certain extent, the overall increase is not too large. Scheme III, therefore, is technically
feasible and economically rational.
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In terms of techniques, although the improved SBR technique with an ICEAS process is only
adopted in Scheme III, it can effectively dispose of pollutants in wastewater and reduce their
current content, thereby meeting the requirements of the total discharge control of pollutants.
This is attributable to the principal sewage in this area being composed of domestic wastewater,
the biodegradability of which is relatively good; meanwhile, the ICEAS process is the secondary
biochemical treatment, enabling the COD and ammonia nitrogen removal rate to reach a higher level
at 85.1% and 93.2%, respectively. In contrast, even though the optional processes in schemes I and II
can achieve the desired effect discussed in the preceding, they are restricted economically due to their
higher construction and operation costs.

From the perspective of environmental protection, Scheme III is also based on realistic
considerations. The COD and ammonia nitrogen concentrations of the treated sewage are calculated
as 35.63 mg/L and 2.39 mg/L, respectively, completely meeting GB18918-2002 “Pollutant Discharge
Standard for Municipal Sewage Treatment Plants” primary standard B. Additionally, this scheme
locates the treatment plant on the river bank without a flood wall surrounding it. In accordance with
the normal requirements, the structural foundation is laid without causing irreversible damage to the
surrounding environment (including water, groundwater, cultivated land, forests, aquatic products,
landscape, scenic spots, nature reserves, etc.). Moreover, neither is it located in the upper wind zone of
urban or residential areas, nor upstream of an urban water resource; therefore, the treatment plant will
not affect the residents’ normal life.

According to the importance attached to each target by the decision makers, different weights
were assigned to each objective function. Table 7 illustrates the value of each objective function for the
conditions and the optimal decision results.

Table 7. Optimal decision results under different weight conditions (variable unit in the table is the
same as that in this paper).

!1 !2 !3 !4 f1 f2 f3 f4 xi yij Q vff
outi vfi

outi

0.7 0.1 0.1 0.1 0.42 0.22 0.15 0.01 x3 = 1 y32 = 1 3.7 35.63 2.39
0.4 0.4 0.1 0.1 0.46 0.29 0.14 0.01 x1 = 1 y11 = 1 4.2 29.58 2.31
0.4 0.1 0.4 0.1 0.42 0.21 0.12 0.01 x3 = 1 y32 = 1 3.9 27.39 2.44
0.3 0.1 0.2 0.4 0.43 0.22 0.14 0.01 x3 = 1 y32 = 1 3.7 33.22 2.31

Construction cost is a primary factor considered when building a treatment plant; therefore, it is
generally assigned a greater weight value. In accordance with the importance attached to reclaimed
water benefit and pollutant discharge amount the weight is adjusted. It is manifested from Table 7 that
the weight adjustment of the cost and the reclaimed water benefit will significantly affect the decision
result, whereas the weight changes of pollutant treatment efficiency or pollutant emission will not
substantially affect the decision result.

Based on the actual situation and the development plan of an area we can adjust the parameters,
such as modifying the sewage quantity and the reuse rate of reclaimed water. Through such
adjustments, we can set up a new situation, establish different multi-objective decision models for
constructing a treatment plant and obtain various corresponding results by calculation. Since some
parameters in this case were calculated based on those of other towns with the same levels, the relevant
data might not precisely match the corresponding data; therefore, a situation could arise where the
adjustment of a certain index will not significantly affect the decision result, in contradiction with
the real situation. Therefore, decision makers should fully understand the specific characteristics of
their practical application because the accuracy of the data determines the accuracy of the model.
In the practical applications, however, researchers can adjust this model to a certain extent and use this
flexibility with actual conditions that can better reflect the real conditions of a given problem domain.
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4. Conclusions

Considering multiple factors affecting the construction of sewage treatment plants, this paper
developed a general multi-objective, decision-based optimizing model for the sewage treatment plant
construction plan. In the proposed model, COD and ammonia nitrogen were characterized by random
variables because their inherent uncertainty precluded defining them as crisp values or members of
only one set. In the case study, the results showed that within the planning area of 10,000–50,000 m3,
the ICEAS process that was adopted was able to reach the design capacity of 20,000–50,000 m3/day
and meet the requirements of minimum investment cost, etc. The main conclusions of this study were
as follows:

1. This paper introduced the sewage treatment plant construction program’s related issues,
specifically describing the existing problems of the sewage treatment plant construction and
combining an actual analysis of the sewage treatment plant construction factors. This process
identified the key link (the sewage treatment process) in the construction of a sewage
treatment plant.

2. Using the framework of uncertainty, random variables were used to characterize COD and
ammonia nitrogen, which reduced information losses or distortions while relieving the decision
makers’ burden.

3. With the construction of a sewage treatment plant in a suburb of Chengdu as an example,
this paper empirically tested the general multi-objective decision model for sewage treatment
plant construction. The results verified the applicability and effectiveness of the proposed model
and provided decision makers with technical support for the optimization of a sewage treatment
plant construction plan.

Last but not least, the weights of each objective were adjusted to account for more information on
the construction of the sewage treatment plant and treatment technology selection, and the results
showed that changing the weights of the cost and the reclaimed water benefit will significantly
affect the decision result. There were many non-modeling activities in designing a solution for the
construction of sewage treatment plants, such as the decision-making problem identification and the
analysis and assessment of the results, which required the decision-makers’ experience and knowledge
and highlights limitations in articulating this practical knowledge; therefore, additional uncertainty
in this area can be expected. However, further research can take into account the various complex
uncertainties in the decision-making process, and enable the construction of uncertain variables that
can be implemented in an uncertainty-based, multi-objective decision-making model.
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Nomenclature

Tj,j=1,2...m The sewage treatment process
Ai,i=1,2...n The sites of sewage treatment plant
Qi,i=1,2...n The sewage treatment capacity
vα

in0vβ
in0 Influent concentrations (COD and ammonia nitrogen)

vα
outi,i=1,2...nvβ

outi,i=1,2...n Effluent concentrations (COD and ammonia nitrogen)
Bi,i=1,2...k The main distributions of sewage source around the treatment plant
qi,i=1,2...k The sewage volumes of each sewage source
Ci(Qi, Tj), i = 1, 2 . . . n; j = 1, 2 . . . m Investment costs of the plant construction
Li(li), i = 1, 2 . . . n The cost of off-site pipe network
li,i=1,2...n The length of the pipeline
Di(si), i = 1, 2 . . . n The costs of land expropriation and household demolition compensation
si,i=1,2...n The occupied area of the sewage treatment plant
λi,i=1,2...n The reuse rates of reclaimed water
Ei,i=1,2...n The economic benefits per unit reclaimed water
Fi(Tj), i = 1, 2 . . . n; j = 1, 2 . . . m The management operation cost
δi,i=1,2...n The score value of the optional site i for the decision makers

Appendix A

Table A1. The GA algorithm for the sewage treatment selection.

Procedure: The GA Algorithm for the Sewage Treatment Selection

Input: Initial data and GA parameters
Output: Best solutions and objective values
Step 1. Initialization. Encode the decision variables and randomly generate an initial population;
Step 2. Evaluation. Decode a feasible activity sequence and calculate the fitness function;
Step 3. Upgrade. Select the best set of solution from the current generation population and offspring populations;
Step 3.1 Offspring generation. Fulfill crossover and mutation * and produce offspring solutions;
Step 3.2 Evolution. Compare the value of newly obtained individual fitness function with those contained in the
previous set. Replace the solutions with the new solutions if their value is higher;
Step 4 Stopping criterion. The algorithm ends when a maximal number of generations is reached, and the best solution,
together with the corresponding objective functions, are given as output.

* The mutation operator maintains the diversity of the population and increases the possibility of not losing any
potential solution while finding the global optimal solution. The crossover operator is a technique used for rapid
exploration of the search space.

References

1. Oakley, S.M.; Gold, A.J.; Oczkowski, A.J. Nitrogen control through decentralized wastewater treatment:
Process performance and alternative management strategies. Ecol. Eng. 2010, 36, 1520–1531. [CrossRef]

2. Xu, J.; Xu, Y.; Wang, H.M.; Guo, C.S.; Qiu, H.Y.; He, Y.; Zhang, Y.; Li, X.C.; Meng, W. Occurrence of antibiotics
and antibiotic resistance genes in a sewage treatment plant and its effluent-receiving river. Chemosphere 2015,
119, 1379–1385. [CrossRef] [PubMed]

3. Belhaj, D.; Athmouni, K.; Jerbi, B.; Kallel, M.; Ayadi, H.; Zhou, L. Estrogenic compounds in Tunisian urban
sewage treatment plant: Occurrence, removal and ecotoxicological impact of sewage discharge and sludge
disposal. Ecotoxicology 2016, 25, 1–9. [CrossRef] [PubMed]

4. Pan, C.G.; Liu, Y.S.; Ying, G.G. Perfluoroalkyl substances (PFASs) in wastewater treatment plants and
drinking water treatment plants: Removal efficiency and exposure risk. Water Res. 2016, 106, 562–570.
[CrossRef] [PubMed]

5. Gros, M.; Blum, K.M.; Jernstedt, H.; Renman, G.; Rodríguez-Mozaz, S.; Haglund, P.; Andersson, P.L.;
Wiberg, K.; Ahrens, L. Screening and prioritization of micropollutants in wastewaters from on-site sewage
treatment facilities. J. Hazard. Mater. 2017, 328, 37–45. [CrossRef] [PubMed]

6. Smith, B.R. Re-thinking wastewater landscapes: Combining innovative strategies to address tomorrow’s
urban wastewater treatment challenges. Water Sci. Technol. 2009, 60, 1465–1473. [CrossRef] [PubMed]

273



Int. J. Environ. Res. Public Health 2018, 15, 448

7. Libralato, G.; Ghirardini, A.; Avezzù, F. To centralise or to decentralise: An overview of the most recent
trends in wastewater treatment management. J. Environ. Manag. 2012, 94, 61–68. [CrossRef] [PubMed]

8. Murray, A.; Ray, I. Wastewater for agriculture: A reuse-oriented planning model and its application in
Peri-Urban China. Water Res. 2010, 44, 1667–1679. [CrossRef] [PubMed]

9. Cai, Q.Y.; Mo, C.H.; Wu, Q.T.; Zeng, Q.Y.; Katsoyiannis, A. Occurrence of organic contaminants in sewage
sludges from eleven wastewater treatment plants, China. Chemosphere 2007, 68, 1751–1762. [CrossRef]
[PubMed]

10. Kelessidis, A.; Stasinakis, A.S. Comparative study of the methods used for treatment and final disposal of
sewage sludge in European countries. Waste Manag. 2012, 32, 1186–1195. [CrossRef] [PubMed]

11. Gleick, P.H.; Palaniappan, M.; Morikawa, M.; Morrison, J. The world’s water 2008~2009: The biennial report
on freshwater resources. Environ. Conserv. 2009, 36, 171–175.

12. Shen, W.Q. Study on Ammonia nitrogen in municipal sewage adopted by actived coal-serial kaolin. J. Anhui
Agric. Sci. 2010, 38, 10845–10847.

13. Hernández-Sancho, F.; Sala-Garrido, R. Technical efficiency and cost analysis in wastewater treatment
processes: A DEA approach. Desalination 2009, 249, 230–234. [CrossRef]

14. Rizzoa, L.; Manaiab, C.; Merlinc, C.; Schwartzd, T.; Dagote, C.; Ployf, M.C.; Michaelg, I.; Fatta-Kassinosg, D.
Urban wastewater treatment plants as hotspots for antibiotic resistant bacteria and genes spread into the
environment: A review. Sci. Total Environ. 2013, 447, 345–360. [CrossRef] [PubMed]

15. Ostoich, M.; Serena, F.; Tomiato, L. Environmental controls for wastewater treatment plants: Hierarchical
planning, integrated approach, and functionality assessment. J. Integr. Environ. Sci. 2010, 7, 251–270. [CrossRef]

16. Bhatnagar, A.; Sillanpää, M. Utilization of agro-industrial and municipal waste materials as potential
adsorbents for water treatment. Chem. Eng. J. 2010, 157, 277–296. [CrossRef]

17. Kartal, B.; Kuenen, J.G.; Loosdrecht, M.C.M.V. Sewage treatment with anammox. Science 2010, 328, 702–703.
[CrossRef] [PubMed]

18. Plakas, K.V.; Karabelas, A.J. Removal of pesticides from water by NF and RO Membranes—A review.
Desalination 2012, 287, 255–265. [CrossRef]

19. Xu, P.; Zeng, G.M.; Huang, D.L.; Feng, C.L.; Hu, S.; Zhao, M.H.; Lai, C.; Wei, Z.; Huang, C.; Xie, G.X.; et al.
Use of iron oxide nanomaterials in wastewater treatment: A review. Sci. Total Environ. 2012, 424, 1–10.
[CrossRef] [PubMed]

20. Fu, F.L.; Dionysios, D.; Liu, H. The use of zero-valent iron for groundwater remediation and wastewater
treatment: A review. J. Hazard. Mater. 2014, 267, 194–205. [CrossRef] [PubMed]

21. Garnier, J.; Brion, N.; Callens, J.; Passy, P. Modeling historical changes in nutrient delivery and water quality
of the Zenne River (1790s–2010): The role of land use, waterscape and urban wastewater management.
J. Mar. Syst. 2013, 128, 62–76. [CrossRef]

22. Molinos-Senante, M.; Garrido-Baserba, M.; Reif, R.; Hernández-Sancho, F.; Poch, M. Assessment of
wastewater treatment plant design for small communities: Environmental and economic aspects. Sci. Total
Environ. 2012, 42, 11–18. [CrossRef] [PubMed]

23. Cornel, P.; Schaum, C. Phosphorus recovery from wastewater: Needs, technologies and costs. Water Sci.
Technol. 2009, 59, 1069–1076. [CrossRef] [PubMed]

24. Bresler, S.E. Policy recommendations for reducing reactive nitrogen from wastewater treatment in the great
bay estuary, NH. Environ. Sci. Policy 2012, 19, 69–77. [CrossRef]

25. Dodane, P.H.; Mbéguéré, M.; Sow, O.; Strande, L. Capital and operating costs of full-scale fecal sludge
management and wastewater treatment systems in Dakar, Senegal. Environ. Sci. Technol. 2012, 46, 3705–3711.
[CrossRef] [PubMed]
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Abstract: The performance of a self-flocculating microalga Chlorococcum sp. GD on the flocculation,
growth, and lipid accumulation in wastewater with different ammonia nitrogen concentrations was
investigated. It was revealed that relative high ammonia nitrogen concentration (20–50 mg·L−1) was
beneficial to the flocculation of Chlorococcum sp. GD, and the highest flocculating efficiency was up
to 84.4%. It was also found that the highest flocculating efficiency occurred in the middle of the
culture (4–5 days) regardless of initial ammonia concentration in wastewater. It was speculated that
high flocculating efficiency was likely related to the production of extracellular proteins. 20 mg·L−1 of
ammonia was found to be a preferred concentration for both biomass production and lipid accumulation.
92.8% COD, 98.8% ammonia, and 69.4% phosphorus were removed when Chlorococcum sp. GD was
cultivated in wastewater with 20 mg·L−1 ammonia. The novelty and significance of the investigation
was the integration of flocculation, biomass production, wastewater treatment, and lipid accumulation,
simultaneously, which made Chlorococcum sp. GD a potential candidate for wastewater treatment and
biodiesel production if harvested in wastewater with suitable ammonia nitrogen concentration.

Keywords: ammonia nitrogen; biomass production; lipid accumulation; wastewater treatment;
self-flocculation

1. Introduction

The integration of microalgae-based wastewater treatment and lipid production has major
advantages for both industries [1,2]. Nevertheless, there are some challenges on microalgal harvesting
from wastewater due to small cell size, low cell density, and homogeneous distribution of cell in
culture systems [3]. The contribution of the harvesting cost to the total cost is reportedly in the range of
20–30% or beyond [4]. Therefore, improving the efficiency of microalgal harvesting is very important
for the process of microalgae-based wastewater treatment and lipid production.

Currently, microalgal harvesting mainly involves physical-, chemical-, and biological-based
methods. For example, efficiencies higher than 90% are reached by applying ultrasound waves to
harvest microalgae [5]. Xu et al. [6] reports that chitosan is an effective flocculant for concentrating
Chlorella sorokiniana with more than 99% efficiency. Bioflocculant production from Solibacillus silvestris
W01 shows 90% flocculating efficiency on Nannochloropsis oceanica [7]. Some other flocculants, such as
aluminum nitrate sulfate, cationic starch and poly γ-glutamic acid also exhibit excellent flocculating
efficiency (>79%) on microalgae [8]. However, high energy consumption, production cost, and potential
biological toxicity become a bottleneck for the further application of above harvesting technologies.
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Self-flocculating microalgae are a kind of microalgae that can aggregate together by themselves.
The aggregate can be easily harvested by sedimentation. Currently, some self-flocculating microalgae,
such as Ankistrodesmus falcatus, C. vulgaris JSC-7, Ettlia texensis, Scenedesmus obliquus AS-6-1,
Scenedesmus sp. BH, and Tetraselmis suecica, have been screened [9–15]. It has been reported that
the flocculating efficiency of Scenedesmus sp. BH is up to 92.3% [14]. Because the self-flocculating
process of microalgae is a spontaneous behavior, it does not incur extra cost for microalgal harvesting
compared to the high cost of separation and purification of flocculants from microorganisms for
biological flocculation [16]. Compared to physical and chemical flocculation [17], there is no biological
toxicity and almost no energy consumption in the self-flocculating process. The flocculating efficiency
of self-flocculating microalgae is also comparable to that of traditional flocculation technologies.
Therefore, flocculation technology based on cultivation of self-flocculating microalgae exhibits some
potential advantages of high efficiency, environment-friendliness, and low cost; it represents the future
research direction of microalgal harvesting.

For microalgal cultivation in wastewaters, ammonia is one important form of nitrogen and can
influence microalgal growth and nutrient uptake [18,19]. The response of flocculating capability to
ammonia concentration is worthy of attention for the cultivation of self-flocculating microalgae. It is
hoped that self-flocculating microalgae can maintain excellent flocculating ability to facilitate the
efficient recovery of cells from wastewater, in addition to keeping the high growth potential and
nutrient uptake efficiency.

At present, the flocculating ability of self-flocculating microalgae under different growth phasees,
temperatures, and pHs has been investigated. It has been demonstrated that the suitable growth phase,
temperature, and pH are beneficial to flocculation of self-flocculating microalgae [12,20]. Nevertheless,
the flocculating property of self-flocculating microalgae at different ammonia concentrations is not
clear, and there are no papers published so far. The effect of ammonia nitrogen on the growth of
self-flocculating microalgae is also unknown.

Chlorococcum sp. GD belonging to green microalgae has been reported to exhibit excellent
self-flocculating capability in secondary effluent [21], which was comparable to that of C. vulgaris JSC-7,
E. texensis, and S. obliquus AS-6-1 [11–13]. In the present study, the performance of Chlorococcum sp. GD
on the flocculation with different ammonia nitrogen concentrations is investigated. The response of
growth to varied ammonia concentrations is also analyzed. The novelty and significance of the study is
to evaluate the possibility of the integration of sewage treatment, biomass production, and microalgal
harvesting of Chlorococcum sp. GD, simultaneously, by altering ammonia nitrogen concentration
in wastewater.

2. Materials and Methods

2.1. Microalgal Strain

A strain of Chlorococcum sp. GD was used in the study. It was isolated from the moss
Entodon obtusatus of Shanxi Province, China [22] and exhibited excellent self-flocculating property as
described by Lv et al. [21].

2.2. Synthetic Wastewater

In the present study, synthetic wastewater was formulated to simulate municipal wastewater.
The exact concentration of COD and phosphorus of the synthetic wastewater was derived from the
average concentration of municipal wastewater in Shanxi Province, China. The composition of macro
element of the synthetic wastewater was provided by Aslan and Kapdan [23] with some modifications.
The composition and concentration of trace elements in the synthetic wastewater was consistent to those
in Blue-Green Medium (BG11). The exact compositions of the synthetic wastewater were as follows
(mg/L): glucose 350, NH4Cl 38.21–191.04, KH2PO4 21.97, NaHCO3 100, NaCl 64, MgSO4 90, FeSO4 5,
CaCl2 25, H3BO3 2.86, MnCl2·4H2O 1.86, ZnSO4·7H2O 0.22, Na2MoO4·2H2O 0.39, CuSO4·5H2O 0.08,
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and Co(NO3)2·6H2O 0.05. The COD of the synthetic wastewater was around 325 mg·L−1 and total
phosphorus concentration was 5 mg·L−1. The ammonia concentration varied from 10 to 50 mg·L−1.
In the study, synthetic wastewater was sterilized (121 ◦C for 20 min) before experiments.

2.3. Experimental Set-Up

In the study, Chlorococcum sp. GD was firstly cultivated in BG11 for 13 days. After that, microalgal
suspension was centrifuged at 5000 rpm for 5 min. The pellet was then washed with deionized water
and centrifuged at 5000 rpm for 5 min again. The washed pellet was distributed in synthetic wastewater
and inoculated into 500 mL transparent conical flasks with an initial concentration of 20 mg·L−1.
In order to investigate the effect of different ammonia nitrogen concentrations, four samples with
initial ammonia nitrogen of 10, 20, 30, and 50 mg·L−1 were prepared. Cultures were grown at a constant
temperature of 25 ◦C in a shaker with a shaking rate of 160 revolutions per minute (rpm). The cultures
were illuminated with fluorescent lamps, providing an incident light intensity of 3000 lux under
14 h:10 h light:dark cycle. After daily sampling, pH of cultures was adjusted to 7.5 by supplementing
HCl or NaOH solution. All these experiments were performed in triplicate.

2.4. Analytical Methods

2.4.1. Flocculating Ability Test

During the process of microalgal cultivation, 25 mL culture was harvested and distributed in
25 mL cylindrical glass tubes. The culture was gently mixed for 1 min at room temperature. After that,
an aliquot of the culture was withdrawn at a height of two-thirds from the bottle when the culture
had settled for 3 h. The optical density of the aliquots was then measured at 680 nm. The flocculating
ability was calculated using the following Equation (1):

Flocculating ability =
A − B

A
× 100% (1)

in which A and B are the optical density (OD680) of the aliquot before and after flocculation.

2.4.2. Extraction and Analysis of Extracellular Polymeric Substances (EPS)

EPS mainly consisted of proteins and polysaccharides. The EPS were extracted according to
procedures of Yang and Li [24] with some modifications. Microalgal suspension was dewatered by
centrifugation at 5000 rpm for 5 min. The pellet was washed with deionized water and centrifuged at
5000 rpm for 5 min again. The washed pellet was diluted with deionized water and was heated to 80 ◦C
for 30 min. The mixture was then centrifuged at 10,000 rpm for 10 min. After that, the supernatant
was filtered with 0.45 µm acetate cellulose membranes, and the filtrate was regarded as EPS fraction.
Protein concentration was analyzed by the coomassic brilliant blue method [25] using albumin from
bovine serum (BSA) as the standard. Polysaccharides concentration was analyzed by the Anthrone
method [26] with glucose as the standard.

2.4.3. Determination of Microalgal Growth

Microalgal biomass concentration was measured according to the method of suspended solid (SS)
measurement [27]. The specific growth rate, mean microalgal biomass production, and double time
during the cultivation period were calculated by Equations (2)–(4).

Specific growth rate (µ, d−1) = ln(DWt2 − DWt1)/(t2 − t1) (2)

Mean biomass productivity (mgDW · L−1 · d−1) = (DWt2 − DWt1)/t (3)

Double time (day) = ln 2/µ (4)
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In Equations (2) and (3), DWt1 and DWt2 represent the microalgal dry weight on day t1 and t2,
mg·L−1; t1 and t2 are the cultivation time, d.

2.4.4. Determination of Water Quality

For the measurement of water quality, the microalgal suspension was centrifuged at 6000 rpm
for 5 min, and the supernatant was filtered through 0.22 µm membranes. The filtered supernatant
was then used for the determination of chemical oxygen demand (COD), ammonia nitrogen, and total
phosphorous. COD, ammonia, and total phosphorus were analyzed by dichromate method, Nessler’s
reagent spectrophotometry, and ammonium molybdate spectrophotometric method, respectively [27].

Michaelis–Menten kinetic can be used to evaluate the ammonia nitrogen removal capability of
microalgae [23].

R = Rmax × S/(K m + S) (5)

in which R is the ammonia nitrogen removal rate, Rmax is the maximal ammonia nitrogen removal
rate, S is the ammonia nitrogen concentration, and Km is the ammonia nitrogen concentration at which
ammonia removal rate reaches half-maximum.

Equation (5) can be linearized in double reciprocal form as in Equation (6) to determine the
ammonia nitrogen removal kinetic coefficients Km and Vmax [23].

1/RXi= 1/Vmax+Km/(V max × S0
)

(6)

in which RXi (mg N·g−1 DW·d−1) is the specific ammonia nitrogen removal rate per unit microalgal
biomass; S0 (mg·L−1) is the initial ammonia nitrogen concentration; and Vmax (mg N·g−1 DW·d−1) is
the maximal ammonia nitrogen removal rate.

2.4.5. Determination of Microalgal Lipid

During the cultivation of microalgae, a suspension of microalgae (240 µL) was stained with
0.5 mg·mL−1 Nile red (9-diethylamino-5H-benzo(α)phenoxazine-5-one, dissolved in DMSO, 1 µL),
and the mixture was incubated for 10 min at 37 ◦C. The fluorescence of the mixture was then
determined using a microplate reader Tecan Infinite 200 Pro (Tecan, Switzerland) with a 96-well
plate. The fluorescence of microalgae alone was measured. The fluorescence of Nile red alone was
also measured. The fluorescence intensity of microalgal lipid was obtained when the autofluorescence
of microalgae and Nile red was subtracted. The excitation and emission wavelengths were 543 and
598 nm, respectively. Each experiment was performed in triplicate.

The specific Nile Red fluorescence intensity was calculated as following:

sFI = FI × DW−1 (7)

in which sFI is the specific fluorescence intensity (a.u.·mg−1 DW biomass), FI is the total Nile Red
fluorescence intensity of 240 µL microalgal suspension (a.u.), and DW is biomass dry weight in 240 µL
microalgal suspension.

At the end of the culture, the total lipid was extracted with a chloroform/methanol solution (1/1,
v/v) and was quantified gravimetrically [28].

2.4.6. Statistical Analysis

The measured value was expressed as the mean ± standard deviation. If necessary, data were
analyzed by analysis of variance (ANOVA) conducting by Statistical Product and Service Solutions
(SPSS) software (version 19.0, IBM Corporation, Armonk, NY, USA). There was a statistically significant
difference when p < 0.05. Pearson correlation analysis was also conducted by SPSS software (version 19.0),
and there was a significant relationship when p < 0.05.
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3. Results

3.1. The Flocculating Property of Chlorococcum sp. GD in Wastewater with Different Ammonia
Nitrogen Concentrations

In Figure 1, the flocculating ability of Chlorococcum sp. GD cultivated with different ammonia
nitrogen concentrations is presented. Throughout the culture period, the flocculating ability of
Chlorococcum sp. GD ranged from 54.3% to 84.4%. More specifically, the flocculating ability of
Chlorococcum sp. GD cultivated with 10 mg·L−1 ammonia nitrogen decreased sharply from 74.6%
to 54.3% after 3 days of culture. It then increased to 79% on the 4th day. Afterwards, flocculation
efficiency gradually decreased to 62.7%. For Chlorococcum sp. GD cultivated with 20 mg·L−1 ammonia
nitrogen, the highest flocculating ability was 79.4% on the 4th day. Then, the flocculating ability
slightly decreased and maintained at around 72% until the end of cultivation. For Chlorococcum sp. GD
cultivated with 30 mg·L−1 ammonia nitrogen, the flocculating ability remained at about 70%, except for
a significant decrease to 60.6% on the 2nd day. The flocculating ability of Chlorococcum sp. GD cultivated
with 50 mg·L−1 ammonia nitrogen was highest and maintained at about 80% at the end of the culture.
Generally speaking, the flocculating ability of Chlorococcum sp. GD was affected by ammonia nitrogen
concentration in wastewater. Chlorococcum sp. GD had an excellent and stable flocculating performance
when cultivated in wastewater with 50 mg·L−1 ammonia nitrogen. Chlorococcum sp. GD cultivated
with 10 mg·L−1 ammonia nitrogen exhibited the worst flocculation ability. It was also found that the
flocculating ability of Chlorococcum sp. GD was dynamic when cultivated in wastewater with different
ammonia nitrogen concentration. The highest flocculating efficiency occurred in the middle of the
culture (4–5 days) regardless of initial ammonia nitrogen concentration in wastewater.
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Figure 1. The flocculating ability of Chlorococcum sp. GD for 3 h settling under different ammonia
nitrogen concentrations.

In the present study, the concentration of proteins and polysaccharides from EPS attached to the
cell surface of Chlorococcum sp. GD cultivated in different ammonia nitrogen concentrations is measured
(Figure 2a,b). The proteins concentration significantly increased from 31.4 mg·g·DW−1 to 83.9, 67.3,
81.5, and 79 mg·g·DW−1, respectively, after 4 days of cultivation of Chlorococcum sp. GD in wastewater
with 10, 20, 30, and 50 mg·L−1 ammonia nitrogen. The proteins concentration then decreased to
28.6, 38.8, 43.9, and 35.1 mg·g·DW−1, respectively, at the end of cultivation. The polysaccharides
concentration of Chlorococcum sp. GD in wastewater with 10 and 20 mg·L−1 ammonia nitrogen
slightly increased from 21.7 mg·g·DW−1 to 26 and 24 mg·g·DW−1, respectively, after 4 days of
cultivation. It then decreased significantly to 6.0 and 7.8 mg·g·DW−1, respectively, at the end of
cultivation. The polysaccharides concentration of Chlorococcum sp. GD in wastewater with 30 and
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50 mg·L−1 ammonia nitrogen significantly decreased from 21.7 mg·g·DW−1 to 5.4 and 5.9 mg·g·DW−1,
respectively, throughout the culture period. Based on data above, it indicated that both proteins and
polysaccharides content were dynamic regardless of ammonia nitrogen concentrations in wastewater
throughout the culture period. It was obvious that the proteins content from EPS was higher than the
polysaccharides content at each growth stage of Chlorococcum sp. GD, and the peak of extracellular
protein content of Chlorococcum sp. GD appeared in day 4 for all treatments. It was also found that
Chlorococcum sp. GD in wastewater with 10 mg·L−1 ammonia nitrogen had the lowest concentration of
proteins at the end of the culture.
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Figure 2. The extracellular proteins (a), polysaccharides concentration (b) and correlation analysis
between flocculating ability and extracellular proteins (c) of Chlorococcum sp. GD under different
ammonia nitrogen concentrations.

As shown in Figure 2c, the relationship between extracellular protein content and flocculation
efficiency in each treatment is analyzed. When the flocculation efficiency was compared with the
proteins content, it was seen that there was a definite trend. In practice, there was a good degree of
correlation (r = 0.9, p < 0.05) when Chlorococcum sp. GD was cultivated in wastewater with 20 mg·L−1

ammonia nitrogen. That is to say, flocculation might be positively related to extracellular protein
content in EPS.

3.2. The Growth and Biomass Production of Chlorococcum sp. GD in Wastewater with Different Ammonia
Nitrogen Concentrations

The growth potential of Chlorococcum sp. GD with different ammonia nitrogen concentrations
is shown in Figure 3. There was no lag phase of growth curves, which indicated that Chlorococcum
sp. GD could well adapt in synthetic wastewater with different ammonia nitrogen concentrations.
After 11 days of cultivation, the biomass production increased and ranged from 138 to 190.1 mg·L−1.
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The biomass production was highest when ammonia nitrogen concentration in synthetic municipal
wastewater was 20 mg·L−1. The specific growth rate of Chlorococcum sp. GD cultivated in wastewater
with different ammonia nitrogen concentrations is also calculated as shown in Table 1. The specific
growth rate was significantly affected by ammonia nitrogen concentration (p < 0.05). Chlorococcum sp.
GD cultivated in 20 mg·L−1 ammonia nitrogen had higher specific growth rate (0.24 d−1) than other
ammonia nitrogen concentrations (0.19–0.21 d−1) (Table 1). The mean biomass productivity was also
the highest when Chlorococcum sp. GD was cultivated in 20 mg·L−1 ammonia nitrogen. Similarly,
when Chlorococcum sp. GD grew in wastewater with 20 mg·L−1 ammonia nitrogen, the double time
was the shortest (Table 1). All results above demonstrated that the growth and biomass production of
Chlorococcum sp. GD were significantly affected by ammonia nitrogen, and the most suitable ammonia
nitrogen concentration for the growth of Chlorococcum sp. GD was 20 mg·L−1.
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Figure 3. Biomass production of Chlorococcum sp. GD under different ammonia nitrogen concentrations.

Table 1. Growth parameters of Chlorococcum sp. GD under different ammonia nitrogen concentrations.

Ammonia Concentration
(mg·L−1) N/P Ratio Specific Growth

Rate (µ, d−1)

Mean Biomass
Productivity

(mg DW·L−1·d−1)

Double Time
(d−1)

10 2 0.19 ± 0.02 a 10.64 ± 1.35 a 2.37 ± 0.08 a

20 4 0.24 ± 0.01 b 15.70 ± 0.48 b 2.12 ± 0.06 b

30 6 0.21 ± 0.01 a 14.26 ± 0.06 b,c 2.27 ± 0.03 a,b

50 10 0.19 ± 0.03 a 12.74 ± 1.61 c 2.34 ± 0.1 a

Different letters (a, b and c) followed by values on columns indicated that they were significantly different at
a probability level of 0.05 according to ANOVA test. DW: dry weight.

3.3. Pollutants Removal of Chlorococcum sp. GD in Wastewater with Different Ammonia
Nitrogen Concentrations

As shown in Figure 4a, the organic pollutant concentration decreased at the end of the culture in
every ammonia nitrogen concentration group. The COD removal efficiencies and rates varied from
87.6% to 92.8% and from 25.3 to 27.7 mg COD·L−1·d−1, respectively. Chlorococcum sp. GD showed
excellent COD removal performance, and COD removal did not seem to be affected by ammonia
nitrogen concentration. Conversely, the ammonia nitrogen removal efficiency was related to the
ammonia nitrogen concentration. The ammonia nitrogen removal efficiency was around 98% when
the ammonia nitrogen concentration of wastewater was 10 and 20 mg·L−1. The removal efficiency
decreased to 43.9–78.0% when the initial ammonia nitrogen concentration was more than 20 mg·L−1

(Figure 4b). Although the phosphorus removal efficiency was less than 70% in every ammonia nitrogen
concentration group (Figure 4c), the phosphorus removal efficiency under 20–50 mg·L−1 ammonia
nitrogen was superior to that under 10 mg·L−1 ammonia nitrogen. According to the above results,
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pollutants removal performance of Chlorococcum sp. GD was significantly affected by ammonia
nitrogen concentration, and pollutants removal efficiency was greatest when the ammonia nitrogen
concentration was 20 mg·L−1. It was also found that most of pollutants were removed from wastewater
after 4–5 days of cultivation of Chlorococcum sp. GD in each treatment.Int. J. Environ. Res. Public Health 2018, 15, x  8 of 13 
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Figure 4. COD (a), ammonia nitrogen (b), and phosphorous (c) removal of Chlorococcum sp. GD under
different ammonia nitrogen concentrations.

The data on ammonia nitrogen removal of Chlorococcum sp. GD given in Figure 4b is plotted
in form of 1/RXi versus 1/(NH4-N)0 as shown in Figure 5. From the slope and intercept of best
fit line of this plot, kinetic coefficients of ammonia nitrogen removal by Chlorococcum sp. GD were
Vmax = 15.2 mg NH4-N·g−1 DW·d−1 and Km = 13.4 mg NH4-N·L−1.
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3.4. Lipid Accumulation of Chlorococcum sp. GD in Wastewater with Different Ammonia
Nitrogen Concentrations

The lipid accumulation of Chlorococcum sp. GD cultivated with different ammonia nitrogen
concentrations is shown in Figure 6a. The lipid accumulation was affected by the initial ammonia
nitrogen concentration. When Chlorococcum sp. GD was cultivated with 10 and 20 mg·L−1 ammonia
nitrogen, the lipid accumulation firstly decreased and then increased. The difference was that the
turning point for Chlorococcum sp. GD cultivated with 10 mg·L−1 ammonia nitrogen was in the 7th day,
whereas the turning point for Chlorococcum sp. GD cultivated with 20 mg·L−1 ammonia nitrogen
was in the 4th day. When Chlorococcum sp. GD was cultivated with 30 and 50 mg·L−1 ammonia
nitrogen, the lipid accumulation decreased during the whole culture period. In conclusion, after
11 days of culture, the highest lipid accumulation of Chlorococcum sp. GD occurred when cultivated
with 10 mg·L−1 ammonia nitrogen, followed by 20 and 50 mg·L−1 ammonia nitrogen. Chlorococcum sp.
GD had lowest lipid accumulation when cultivated with 30 mg·L−1 ammonia nitrogen. The lipid
content of Chlorococcum sp. GD cultivated with different ammonia nitrogen concentrations is shown in
Figure 6b, according to the gravimetric method. After 11 days of culture with wastewater of 10 mg·L−1

ammonia nitrogen, Chlorococcum sp. GD had the highest lipid content at 47.5%, which was significantly
higher than that of Chlorococcum sp. GD cultivated with wastewater of 20, 30, and 50 mg·L−1 ammonia
nitrogen (p < 0.05). The lipid content of Chlorococcum sp. GD cultivated with 20, 30, and 50 mg·L−1

ammonia nitrogen was of the same order of magnitude.

Int. J. Environ. Res. Public Health 2018, 15, x  9 of 13 

 

turning point for Chlorococcum sp. GD cultivated with 10 mg∙L−1 ammonia nitrogen was in the 7th 

day, whereas the turning point for Chlorococcum sp. GD cultivated with 20 mg∙L−1 ammonia nitrogen 

was  in  the  4th day. When Chlorococcum  sp. GD was  cultivated with  30  and  50 mg∙L−1  ammonia 

nitrogen, the lipid accumulation decreased during the whole culture period. In conclusion, after 11 

days of culture,  the highest  lipid accumulation of Chlorococcum sp. GD occurred when cultivated 

with 10 mg∙L−1 ammonia nitrogen, followed by 20 and 50 mg∙L−1 ammonia nitrogen. Chlorococcum sp. 

GD had  lowest  lipid accumulation when  cultivated with 30 mg∙L−1  ammonia nitrogen. The  lipid 

content of Chlorococcum sp. GD cultivated with different ammonia nitrogen concentrations is shown 

in Figure 6b, according to the gravimetric method. After 11 days of culture with wastewater of 10 

mg∙L−1 ammonia nitrogen, Chlorococcum sp. GD had the highest lipid content at 47.5%, which was 

significantly higher than that of Chlorococcum sp. GD cultivated with wastewater of 20, 30, and 50 

mg∙L−1 ammonia nitrogen (p < 0.05). The lipid content of Chlorococcum sp. GD cultivated with 20, 30, 

and 50 mg∙L−1 ammonia nitrogen was of the same order of magnitude. 

0 1 2 3 4 5 6 7 8 9 10 11 12

30,000

40,000

50,000

60,000

70,000

80,000

90,000

100,000
 

sp
ec

if
ic

 f
lu

or
es

ce
n

ce
 in

te
n

si
ty

(a
.u

./m
g 

d
ry

 w
ei

gh
t)

cultivation time (day)

 10 mg
 20 mg
 30 mg
 50 mg

initial NH4-Na

0

10

20

30

40

50

60

b

b

b

50 30 20 

lip
id

 c
on

te
n

t 
(%

)

NH4-N concentration (mg L-1)

10 

a

b 11 day of culture

(a)  (b) 

Figure 6. The specific fluorescence intensity (a) and lipid content (b) of Chlorococcum sp. GD under 

different ammonia nitrogen concentrations. In  (b), different  letters on columns  indicated  that  they 

were significantly different at a probability level of 0.05 according to ANOVA test. 

4. Discussion 

In  the  present  study,  Chlorococcum  sp.  GD  cultivated  in  wastewater  with  high  ammonia 

nitrogen concentration (20–50 mg∙L−1) had high concentration of extracellular proteins at the end of 

the culture. Nitrogen  is an essential nutrient  that  is required  in microalgal growth and  is used  to 

synthesize a variety of biological substances, such as peptides, proteins, etc. [29]. Durmaz and Sanin 

[30] found that EPS of activated sludge had high protein and low carbohydrate content at a C/N ratio 

of  5. When  the C/N  ratio  increased  to  40,  the  proteins  content  decreased  sharply, whereas  the 

carbohydrates content increased. Thus, it could be seen that nitrogen deficiency  in high C/N ratio 

was not beneficial to the synthesis of extracellular proteins, which was reconfirmed in this study. It 

was also  found that there was a positive trend between flocculation efficiency of Chlorococcum sp. 

GD  and  protein  content.  Salim  et  al.  [15]  found  that  autoflocculation  of  E.  texensis was  due  to 

extracellular proteins patched to the cell surface. As reported by Díaz‐Santos et al. [31], a soluble cell 

wall protein similar to glucanases was isolated from the yeast Saccharomyces bayanus var. uvarum and 

could  effectively  induce  flocculation  of  Chlamydomonas  reinhardtii  and  Picochlorum  sp.  HM1. 

Díaz‐Santos et al.  [32] expressed  the FLO5 gene  (flocculation  gene,  specific  cell  surface  lectin‐like 

glycoproteins relating to the flocculation process in yeasts) from S. bayanus by cotransformation in C. 

reinhardtii. C.  reinhardtii  transformants exhibited  self‐flocculation abilities between 2‐ and 3.5‐fold 

higher  than  the  control  untransformed  strain.  All  these  cases  demonstrated  the  importance  of 

extracellular proteins in microalgal flocculation, which was proved again in this study. Based on the 

analysis  and  discussion  above,  it was  speculated  that  nitrogen  indeed  affected  the  flocculation 

efficiency  of  Chlorococcum  sp. GD,  which  was  likely  related  to  the  production  of  extracellular 

proteins. It was found that the flocculating ability of Chlorococcum sp. GD was affected by ammonia 

Figure 6. The specific fluorescence intensity (a) and lipid content (b) of Chlorococcum sp. GD under
different ammonia nitrogen concentrations. In (b), different letters on columns indicated that they were
significantly different at a probability level of 0.05 according to ANOVA test.

4. Discussion

In the present study, Chlorococcum sp. GD cultivated in wastewater with high ammonia nitrogen
concentration (20–50 mg·L−1) had high concentration of extracellular proteins at the end of the culture.
Nitrogen is an essential nutrient that is required in microalgal growth and is used to synthesize
a variety of biological substances, such as peptides, proteins, etc. [29]. Durmaz and Sanin [30] found
that EPS of activated sludge had high protein and low carbohydrate content at a C/N ratio of 5. When
the C/N ratio increased to 40, the proteins content decreased sharply, whereas the carbohydrates
content increased. Thus, it could be seen that nitrogen deficiency in high C/N ratio was not beneficial
to the synthesis of extracellular proteins, which was reconfirmed in this study. It was also found that
there was a positive trend between flocculation efficiency of Chlorococcum sp. GD and protein content.
Salim et al. [15] found that autoflocculation of E. texensis was due to extracellular proteins patched to
the cell surface. As reported by Díaz-Santos et al. [31], a soluble cell wall protein similar to glucanases
was isolated from the yeast Saccharomyces bayanus var. uvarum and could effectively induce flocculation
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of Chlamydomonas reinhardtii and Picochlorum sp. HM1. Díaz-Santos et al. [32] expressed the FLO5 gene
(flocculation gene, specific cell surface lectin-like glycoproteins relating to the flocculation process in
yeasts) from S. bayanus by cotransformation in C. reinhardtii. C. reinhardtii transformants exhibited
self-flocculation abilities between 2- and 3.5-fold higher than the control untransformed strain. All these
cases demonstrated the importance of extracellular proteins in microalgal flocculation, which was
proved again in this study. Based on the analysis and discussion above, it was speculated that nitrogen
indeed affected the flocculation efficiency of Chlorococcum sp. GD, which was likely related to the
production of extracellular proteins. It was found that the flocculating ability of Chlorococcum sp. GD
was affected by ammonia nitrogen. Chlorococcum sp. GD had an excellent flocculating performance
when ammonia nitrogen concentration of wastewater was more than 10 mg·L−1. Chlorococcum sp.
GD had the highest flocculating efficiency in the middle of the culture (4–5 days) regardless of initial
ammonia nitrogen concentration in wastewater. The phenomenon likely came from the maximum
extracellular protein content and high degradation efficiency of pollutants of Chlorococcum sp. GD
synchronously in the middle of the culture (4–5 days). Of course, the extracellular proteins content of
Chlorococcum sp. GD was obviously higher than the extracellular polysaccharides content, which was
similar to self-flocculating microalga E. texensis, since it had high extracellular proteins content [12,15].

It was found that ammonia nitrogen affected the growth of Chlorococcum sp. GD. The optimal
ammonia nitrogen concentration for its growth was 20 mg·L−1, which was consistent with when
Tam and Wong [18] showed that C. vulgaris grew well in cultures containing 20 mg·L−1 ammonia
nitrogen. Of course, many microalgae could grow well in cultures with more than 20 mg·L−1 ammonia
nitrogen [19,33], which might be species-dependent or related to other factors, such as light intensity,
immobilization, operation modes, etc. [34,35]. In this study, the 190.1 mg·L−1 of microalgal biomass
was low compared to the common biomass levels of Chlorococcum sp. in BG11 (360–4140 mg·L−1) [36].
The possible reason was the low initial inoculation concentration used in the study.

The pollutants removal was also affected by ammonia nitrogen, and pollutants removal efficiency
was the best when the ammonia nitrogen concentration was 20 mg·L−1. Commonly, the elementary
composition ratio of microalgal cells gave a hint of the optimal N/P ratio in wastewaters. The empirical
elementary composition for microalgae was C106H263O110N16P (N/P ratio = 7.2:1). In our work,
the optimal N/P ratio for pollutants removal was 4:1, which was relatively lower than the empirical
value. Some investigations also found that Klebsormidium sp. and Pseudanabaena sp. had excellent
nitrogen and phosphorus removal capability with high N/P ratio of 7–10 and 7–20 [37], which was
higher than the empirical value. Therefore, the optimal N/P ratio for pollutants removal is likely to
depend on the strain and growth conditions. Kinetics of ammonia nitrogen removal was calculated
by Michaelis-Menten Kinetics. Kinetic coefficients of ammonia nitrogen removal by Chlorococcum sp.
GD were Vmax = 15.2 mg NH4-N·g−1 DW·d−1 and Km = 13.4 mg NH4-N·L−1, which was lower than
those of Klebsormidium sp. and Pseudanabaena sp. [37]. Normally, a high Vmax is an indicator of the high
potential capability of removing pollutants, while a low Km meant that the microalga could reach its
highest pollutant removal rate at low pollutant concentrations [37]. Based on the analysis above, it is
indicated that Chlorococcum sp. GD has a competitive advantage in wastewaters with relatively low
ammonia nitrogen concentration.

In this work, it was found that the lipid content of Chlorococcum sp. GD was influenced by
ammonia nitrogen. Nitrogen deprivation was commonly the main trigger for lipid accumulation of
microalgae [38]. Because of nitrogen deprivation of initial inoculum cultivated in BG11 for 13 days,
it had the highest lipid content. For Chlorococcum sp. GD cultivated with 30 and 50 mg·L−1 ammonia
nitrogen, there was still a large amount of nitrogen not being degraded at the end of the culture.
Microalgal cells consequently did not accumulate large amounts of lipids, and the lipid content
was relatively low. For low nitrogen concentration groups (10 and 20 mg·L−1), almost all ammonia
nitrogen was degraded within 7 days of culture. Afterwards, Chlorococcum sp. GD was in the
stage of nitrogen deprivation, and thus accumulated high content of lipid. Of course, the lipid
content in 10 mg·L−1 nitrogen concentration group was significantly higher than that in 20 mg·L−1
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nitrogen concentration group. Nevertheless, the total lipid content in 20 mg·L−1 nitrogen concentration
group (10,913,050 a.u. L−1) was almost the same as that in 10 mg·L−1 nitrogen concentration group
(11,498,226.9 a.u. L−1) owing to high biomass production of Chlorococcum sp. GD cultivated with
20 mg·L−1 ammonia nitrogen. High pollutants removal efficiency also occurred in wastewater with
20 mg·L−1 ammonia nitrogen. Therefore, it was suggested that Chlorococcum sp. GD was cultivated
with 20 mg·L−1 ammonia nitrogen for lipid production. In the study, 26.3% of lipid content was
achieved when Chlorococcum sp. GD was cultured with 20 mg·L−1 ammonia nitrogen, which was
comparable to lipid content of microalgae cultivated in wastewaters in former literatures [39,40].
Interestingly, for the cultivation of Chlorococcum sp. GD, high efficient accumulation of lipid occurred at
the end of the culture, while optimum efficiency of pollutants degradation and microalgal harvesting
occurred in the middle of the culture. Therefore, it was worth paying attention to how to solve this
contradiction in the future.

5. Conclusions

In the study, it was found that the flocculating ability of Chlorococcum sp. GD was affected by ammonia
nitrogen concentration in wastewater. Relative high ammonia nitrogen concentration (20–50 mg·L−1)
was beneficial to flocculation, and the highest flocculating efficiency was in the middle of the culture
(4–5 days) regardless of ammonia nitrogen concentration in wastewater. It was speculated that high
flocculating efficiency was likely related to the production of extracellular proteins. Relative high ammonia
nitrogen concentration (20 mg·L−1) was also beneficial to biomass production and lipid accumulation of
Chlorococcum sp. GD. Pollutants removal efficiency was the best when the ammonia nitrogen concentration
was 20 mg·L−1. A better understanding of the response of Chlorococcum sp. GD to ammonia nitrogen is
beneficial for cultivating and harvesting self-flocculating microalga from wastewater.
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Abstract: Due to urbanisation, there are large amounts of waste concrete, particularly in rapidly
industrialising countries. Currently, demolished concrete is mainly recycled as aggregate for
reconstruction. This study has shown that larger sizes (2–5 mm) of recycled concrete aggregate
(RCA) removed more than 90% of P from effluent when at pH 5. Analysis of the data, using
equilibrium models, indicated a best fit with the Langmuir which predicated an adsorption capacity
of 6.88 mg/g. Kinetic analysis indicated the equilibrium adsorption time was 12 h, with pseudo
second-order as the best fit. The thermal dynamic tests showed that the adsorption was spontaneous
and, together with the evidence from the sequential extraction and desorption experiments, indicated
the initial mechanism was physical attraction to the surface followed by chemical reactions which
prevented re-release. These results suggested that RCA could be used for both wastewater treatment
and P recovery.

Keywords: desorption; recycled concrete; phosphorus removal and recovery; phosphorus speciation
by sequential extraction; thermal dynamic; infinite focused microscope

1. Introduction

Concrete is a major construction material which includes significant embedded resources, these
include 50% of all the raw materials used and 40% of the energy. After manufacture, the other 50%
of the total waste was generated by the concrete industry [1]. Recently, large volumes of demolition
concrete waste have been produced due to limited reuse of older concrete buildings. For example in
2014, China produced 1.5 billion tonnes of construction waste; concrete was 34% of this total and only
about 5% was reused [2]. This compares with above 50% in developed countries. New and alternative
uses for recycled concrete are a priority in China where, traditionally, construction waste has been
disposed of in landfills or deposited on river banks. This disposal used large areas of land as well as
causing environmental nuisance and complaints.

There has been previous work on using recycled concrete aggregate (RCA) for water treatment
and one of the most researched applications has been as a filter media due to its surface roughness and
desirable chemical content (e.g., Mg, Ca, Fe, Al). Li et al. (2007) [3], for example, used fly ash aerated
crushed concrete at laboratory scale to achieve 95.6% total nitrogen removal from sewage and landfill
leachate. Guo et al. (2009) [4] also used RCA as a wastewater filter and showed it could remove 37% of
COD and 55% of total P. The mechanism has been reported to be based on the calcium, aluminium,
and iron content which can bind with phosphate [5]. Phosphorus (P) is needed for optimum crop
production and mineral phosphorus reserves are thought to be limited with no substitutes. Research
in both the U.S. and Europe has shown mineral P resources may be depleted in a few hundred years
and recovery of P is urgent to maintain agricultural productivity [6]. Furthermore, removal of P from
wastewater to meet environmental quality standards is now a significant cost in chemicals and power,
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complementing the benefits of recovery, particularly in China [7]. RCA is a lime enriched material,
widely available and potentially a sustainable method for P recovery. Other work on P adsorption
from wastewater has been reported by Xiang et al. (2013) [5] who suggested RCA could be suitable
and sustainable for adsorbing low phosphate concentrations from wastewater. They also reported
that the RCA did not re-release P or metals during sludge treatment. RCA has also been used for pH
correction of acid wastewaters because of its weakly alkaline properties [8,9]. Instead of using concrete
particles, others have used reconstituted concrete blocks. Chen (2001) [10] designed a wastewater
treatment system based on concrete blocks. He operated the media as a submerged aerated filter
and reported removals of 50% of COD and BOD, 70% of TP, and 20% of TN. Yuan et al. (2006) [11]
published results from wastewater using reconstituted concrete blocks, known as eco-blocks which
removed 76% of COD and 94.9% of BOD5. Japanese researchers have proposed that concrete blocks
have greater porosity and provide a larger internal and external surface area for microorganisms [12].

Upon review of the previous literature, there are few well-controlled experiments on the detailed
removal mechanisms or reproducibility of P adsorption by either RCA or blocks. Similarly there is
little theoretical information on how to design P adsorption systems based on the common adsorption
isotherms or reaction kinetics. The aim of this study was to determine the process of P adsorption
by RCA. This was achieved by several batch tests with a mechanistic isotherm model. Also, the
kinetics and thermodynamics studies were involved to further explain the adsorption mechanism.
A novel study of P speciation was carried by sequential extraction. It is first time reported the type of
P contained in RCA. This study could contribute to new usage of RCA.

2. Materials and Methods

2.1. Sorption Studies

Batch experiments were used to evaluate optimum operational conditions for phosphorus
adsorption by RCA and data was analysed using adsorption isotherms, kinetics, and thermodynamics.
The studies carried out are summarised in Table 1.

Table 1. Experimental schedule for the adsorption of P.

No. Study Parameters

1 Effect of pH of solution
on sorption

The pH of the solution was varied between 6.0 and 8.0.
Dose of media 2 g; initial P concentration 20 mg/L;

contact time 24 h; agitator 180-rpm

2 Effect of dose of sorbent on
phosphorus sorption

RCA was varied in the range 1–10 g, 20 mg/L P solution;
contact time 24 h; agitator 180-rpm; pH-5

3 Effect of initial phosphorus
concentration

Phosphate concentrations in the range 5–30 mg/L. Dose
of media 2 g contact time 24 h; agitator 180-rpm; pH-5;

4 Equilibrium studies Evaluation of maximum adsorption by isotherm models

5 Kinetic analysis Initial P concentration 15 mg/L with 2 g of RCA, contact
time 24 h at 298 K, agitator 180-rpm, pH 5

6 Effect of temperature on sorption Initial P concentration 15 mg/L with 2 g of RCA and
contact time 24 h at 298, 318 and 328 ◦C, pH 5

RCA: recycled concrete aggregate.

Before the experiments, all the glassware and plastic devices were soaked in 10% nitric acid
solution for 1 day and then rinsed before each test with 250 mL deionised water. Sieved (2–5 mm) and
manually hammered RCA was used for the experiments. RCA was also scanned by an infinite focus
microscope (Alicona) (see Figure 1). An infinite focus microscope can quantitatively measure surface
texture or deviations in a surface character. Figure 1 shows RCA has a crude surface, which indicates
more adsorption sites. The specific surface area of RCA was also identified as 35 m2/m3. The RCA
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was examined by EDS (ED3000) and composed of 56% oxygen, 18% Si, 10% Carbon, 10% Ca, 2% Al,
2% K, and 1% Mg. Erhlmeyer flasks, with measured amounts of dried RCA media were used with
100 mL of a known P concentration as a solution of Potassium orthophosphate. The flasks were run in
a thermostatically controlled orbital shaker for the defined periods (Table 1). By operating the shaker
at various temperatures (Table 1), the data could be used to determine thermodynamic parameters.
The pH of the solution was altered using a pH meter (HANNA HI9812-5) with either 0.1 M HCl or
NaOH. The final solutions were filtered by a 0.45 µm membrane filter and dissolved concentrations of
P were determined by Inductively Coupled Plasma analysis (Shimadzu ICP-9000) according to the
international standard method [13]. All tests were conducted in triplicate. The amount adsorbed was
calculated using the formula below:

qe =
V(Co −Ce)

W
where qe is the adsorption capacity (mg/g), Co is the initial concentration of solution (mg/L), Ce is
the concentration after adsorption (mL/L), W is the weight of adsorbent (g) and V is the volume of
solution (L).
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2.2. Desorption of P

The P-treated RCAs from the previous experiments, with 2 g of RCA, were elutriated with 100 mL
deionised water in Erhlmeyer flasks. Tests were conducted in triplicate for 24 h mixing and residual P
concentration analysed as before.

2.3. Fractionation of Inorganic Phosphorus

Sequential extraction to analyse the various P-forms was used to identify the chemical reaction
that occurred between the surface of the media and the P solution. Analysis of the P species was first
reported by Dean (1938) [14] in soil complexes. Dean defined two types of P according to whether they
were extracted by acid or alkali. Chang and Jackson (1957) [15] refined this by using four extraction
solutions: loosely bound phosphate (LBP), aluminium phosphate (Al-P), iron phosphate (Fe-P), calcium
phosphate (Ca-P), and occluded phosphate (O-P). Most procedures for P characterisation are based on
the Chang and Jackson (1957) method with modification or improvements. Normally, Ca and Mg-P
are extracted together by HCl [16–18]. The Ca-P amount was determined separately and the Mg-P
by subtraction. The modification of the Chang and Jackson (1957) [15] and Hartikainen (1979) [19]
method was used (see Table 2). After the standard adsorption test, 2 g RCA was used and the analysis
was carried out in triplicate.

Table 2. Inorganic phosphorus by a sequential extraction for filter media [19,20].

Step Inorganic P Extraction Reagents Concentration Condition

I LBP NH4Cl 1 mol/L 50 mL, shaking 0.5 h
II Al-P NH4F (pH 8) 0.5 mol/L 50 mL, shaking 1 h
III Fe-P NaOH 0.1 mol/L 50 mL, shaking 2 h
IV O-P CDB (pH 7.6) - 45 mL, shaking 0.5 h
V Ca-P H2SO4 0.5 mol/L 50 mL, shaking 1 h
VI Mg-Ca-P HCl 0.5 mol/L 50 mL, shaking 1 h

Note: CDB (Sodium citrate-sodium dithionite-sodium bicarbonate); Na3C3H6O7 (0.3 M); NaHCO3 (1 M);
Na2S2O4 (1 g).

3. Results and Discussion

3.1. Sorption Studies

3.1.1. Effect of pH of Solution on Sorption

The best adsorption was observed at pH 5.0, when the adsorption capacity of P was 0.85 mg/g
and removal reached 93.5% (Figure 2). The trend shows a decline in P adsorption with increasing pH
to the lowest capacity at pH 8.0. Agyeia et al. [21] also pointed out acidic pH was best for P removal.
There are two possible mechanisms, one has been attributed to the double layer effect whereby acidic
H+ was attracted to the concrete surface by Ca, Al, and Mg hydroxide content creating a secondary
positive layer to bind the negative orthophosphate. The second possibility was that the phosphate
ions could be converted to their acidic forms (e.g., H2PO−4 and HPO2−

4 ) binding to the positive surface.
The amount of these phosphate ions generated would be proportional to the acidity of the solution.
The acidic pH could also help the cement release more Ca2+ ions into the solution to react with the
hydrogen phosphate causing deprotonation and precipitation of Ca3(PO4)2. The increase in P removal
above pH 9 could be due to a similar mechanism but from the formation of OH enriched complexes
precipitating calcium phosphate.
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3.1.2. Effect of Dose of Sorbent on Phosphorus Sorption

In this experiment, the optimum pH 5 was used and the results in Figure 3 show the amount
of P adsorbed was proportional to the amount of RCA added. At the lowest dose (1 g), P removal
was 55.5% but 2 g removed 95% of P, similar to the maximum achieved. The normalised adsorption
capacity reduced with increasing RCA from 0.99 to 0.17 mg/g, as added RCA was increased from 2 to
10 g. Similar trends have been also reported by other authors [22,23]. Increasing the dose of sorbent
increased the total removal of P by increasing the availability of sorption sites. Specific adsorption
capacity is a measure of the amount of P bonded by a unit weight of sorbent. The competition by
ions for the sites caused a decrease in the specific uptake once all the sites were filled and adsorption
capacity decreased with increments in sorbent dose. The simpler models assume a fixed number of
adsorption sites according to the molecular structure and the number of positive ions responsible for
the binding.
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3.1.3. Effect of Initial Phosphorus Concentration

Figure 4 shows that the initial concentration of P in the solution influenced the equilibrium uptake
of P achieved. The adsorption capacity increased linearly with the initial P concentration from 5 to
30 mg/L, but the proportion of P removed reached maximum at an initial concentration of 15 mg/L.
This suggests the simple, single layer, fixed number of adsorption sites model may not be suitable at
higher P concentrations. This is in line with previous equilibrium adsorption capacity experiments,
which suggest that higher solute concentrations could encourage other mechanisms such as greater
boundary concentrations which in turn lead to double layer adsorption and complex formation [23,24].

Int. J. Environ. Res. Public Health 2018, 15, 357 6 of 16 

 

5 to 30 mg/L, but the proportion of P removed reached maximum at an initial concentration of 15 mg/L. 
This suggests the simple, single layer, fixed number of adsorption sites model may not be suitable at 
higher P concentrations. This is in line with previous equilibrium adsorption capacity experiments, 
which suggest that higher solute concentrations could encourage other mechanisms such as greater 
boundary concentrations which in turn lead to double layer adsorption and complex formation 
[23,24]. 

 
Figure 4. Effect of initial concentration of media on removal of P. Dose of media 2 g contact time 24 h; 
agitator 180-rpm; pH-5. 

3.1.4. Equilibrium Studies 

The equilibrium equations are shown in Table 3, and were used to determine the mechanisms 
of adsorption. The Langmuir and Freundlich isotherms gave the best fit (presented in Table 4), the 
Langmuir showing a maximum adsorption capacity of 6.88 mg/g. The Langmuir is the simplest 
isotherm, based on monolayer sorption onto a surface with a finite number of identical sites, 
homogeneously distributed over the sorbent surface. Others have also reported that the Langmuir 
isotherm was the more robust when modelling complex aqueous mediums. The Frumkin and BET 
equations were introduced as extensions to the Langmuir isotherm, the Frumkin to take account of 
solute–solute interaction at a non-ideal surface [25]. The BET was introduced to model multi-layer 
adsorption but, except for the first layer, it also assumes equal energies of adsorption for each layer 
and no interactions between layers [26]. The linear correlation of both the Frumkin and BET are 
weaker than the Langmuir (Table 4). The Freundlich equation included empirical constants as an 
acceptance that the adsorption sites were heterogeneous. The Temkin and the Dubinin-Radushkevich 
(D-R) adsorption equations are based on the thermodynamics of adsorption. The Tempkin is based 
on the principle that adsorption reduces the energy or heat in the adsorbed layer and the D–R on a 
Gaussian energy distribution as expected from a heterogeneous surface. The D–R model was 
reported to be suited to high and medium concentration solutions such as these P adsorption 
experiments [27]. The adsorption energy (E) derived from the D–R model can be used to predict 
adsorption mechanisms. Typical results are between 1–16 kJ/mol with E values lower than 8 kJ/mol 
indicating physical sorption [28]. In this study, E was calculated to be 2.24 kJ/mol, which would 
therefore be considered as physical adsorption.  

 

 

 

 

Figure 4. Effect of initial concentration of media on removal of P. Dose of media 2 g contact time 24 h;
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3.1.4. Equilibrium Studies

The equilibrium equations are shown in Table 3, and were used to determine the mechanisms
of adsorption. The Langmuir and Freundlich isotherms gave the best fit (presented in Table 4), the
Langmuir showing a maximum adsorption capacity of 6.88 mg/g. The Langmuir is the simplest
isotherm, based on monolayer sorption onto a surface with a finite number of identical sites,
homogeneously distributed over the sorbent surface. Others have also reported that the Langmuir
isotherm was the more robust when modelling complex aqueous mediums. The Frumkin and BET
equations were introduced as extensions to the Langmuir isotherm, the Frumkin to take account of
solute–solute interaction at a non-ideal surface [25]. The BET was introduced to model multi-layer
adsorption but, except for the first layer, it also assumes equal energies of adsorption for each layer and
no interactions between layers [26]. The linear correlation of both the Frumkin and BET are weaker than
the Langmuir (Table 4). The Freundlich equation included empirical constants as an acceptance that
the adsorption sites were heterogeneous. The Temkin and the Dubinin-Radushkevich (D-R) adsorption
equations are based on the thermodynamics of adsorption. The Tempkin is based on the principle
that adsorption reduces the energy or heat in the adsorbed layer and the D–R on a Gaussian energy
distribution as expected from a heterogeneous surface. The D–R model was reported to be suited to
high and medium concentration solutions such as these P adsorption experiments [27]. The adsorption
energy (E) derived from the D–R model can be used to predict adsorption mechanisms. Typical results
are between 1–16 kJ/mol with E values lower than 8 kJ/mol indicating physical sorption [28]. In this
study, E was calculated to be 2.24 kJ/mol, which would therefore be considered as physical adsorption.
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Table 3. Equilibrium study models [25–27,29–31].

Isotherm Models Linear Expression Associated Equations Parameters

Freundlich logqe = logKf +
1
n logCe

K and n are empirical
constants

Kf (L/mg) = Langmuir equilibrium constant;
n = dimensionless correction factor;

qe = adsorption capacity (mg/g)

Langmuir 1
qe

= 1
qm

+ 1
KLqmCe

RL = 1
1+KLCo

KL = Isotherm constant (L/mg);
CO = initial concentration; qm=mainxmum

adsorption capacity (mg/g)

Tempkin qe = B ln AT + B ln Ce -
AT = Tempkin isotherm equilibrium binding
constant (L/g); B = constant related to heat of

sorption (J/mol)

D-R lnqe = ln
(
qs
)
−

(
Kadε

2) E = 1√
2Kad

qs = theoretical isotherm saturation capacity
(mg/g), Kad = Dubinin–Radushkevich

isotherm constant (mol2/kJ2) and
ε = Dubinin–Radushkevich isotherm constant

Frumkin ln
(

θ
1−θ
Ce

)
= ln Kfr + 2αθ -

θ = fractional surface coverage; α = lateral
interaction coefficient; Kfr (L/g) = Frumkin

equilibrium constant,

BET
Ce

qe(Cs−Ce)
=

1
qsCBET

+ (CBET−1)
qsCBET

(
Ce
Cs

) -

Ce = equilibrium concentration (mg/L);
Cs = adsorbate monolayer saturation

concentration (mg/L);
CBET = BET adsorption isotherm relating to

the energy of surface interaction (L/mg)

Table 4. Adsorption Isotherm constants for P adsorption by concrete.

Langmuir Adsorption Isotherm Freundlich Adsorption Isotherm

qm (mg/g) KL (L/mg) RL R2 n Kf R2

6.88 0.089 0.281 0.984 0.996 0.669 0.983

Tempkin Adsorption Isotherm Dubinin-Radushkevich Isotherm

AT (L/mg) At B R2 qs (mg/g) Kad (mol2/kJ2) ε (kJ/mol) R2

0.195 134.9 0.649 0.958 1.4 2 × 10−7 2.24 0.968

Frumkin Adsorption Isotherm BET Adsorption Isotherm

α Kfr R2 CBET qs R2

2.959 0.00342 0.669 −0.798 0.553 0.898

Previous filtration studies using cement or concrete have been summarised in Table 5. The majority
of these studies used finer particles (>1 mm) to adsorb P because of the greater surface area and
consequent adsorption capacity available from smaller sized particles. The aerated concrete had the
greatest surface area and gave the largest adsorption capacity. It was reported as too fragile for water
treatment however, and small media would also be vulnerable to clogging and wash out, giving high
operating costs. The results of this study suggest larger sizes could be used as a compromise for
wastewater treatment. The cement studies—by Zheng et al. [32] and Renman and Renman [33]—used
a similar size as used here (Table 5) but both materials were unstable. Most of these studies have
operated under acidic pH (<3) to achieve maximum P adsorption capacity but these acidic conditions
would be unrealistic for most wastewaters. This study has demonstrated that concrete demonstrated
reliable P removal at a higher pH (pH 5) which could be achieved in the microenvironment of a
wastewater filter.
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Table 5. Adsorptive capacity of various studies by concrete.

Types Media Size (mm) Time Qmax (mg/g) Reference

Empirical Ordinary Portland cement 0.045–0.300 16 h 19.90 [21]
Empirical Recycled Crushed Concrete 0.125–0.250 1 h 0.134 [22]
Empirical Crushed concrete 0.125 40 days 19.6 [34]

Theoretical Cement 0.425–0.85 24 h 1.185 [35]
Empirical Cement 0.85 28 days 16.16 [36]
Empirical Gas concrete 0.063–2 1 h 11.5 [37]

Theoretical Recycled crushed concrete 0.3–2.3 24 h 6.1 [23]
Empirical Crushed autoclaved aerated concrete 2–4 24 h 70.9 [33]

Theoretical Recycled concrete 2–5 24 h 6.88 Present study
Theoretical Cement 3–5 32 h 4.98 [32]

3.1.5. Kinetic Analysis

Four kinetic models were also used to analyse the data (Table 6). These were the standard first and
second-order equations plus the Fractional power equation which is a modified form of Freundlich.
Finally the Elovich equation was used since it had previously been used to study NH+

4 removal
by Chien and Clayton (1980) [38]. The results and correlation coefficients (R2) are summarised in
Table 7. The best fit was pseudo second-order followed by the first order equation. The experimentally
measured adsorption capacity (0.749 mg/g) was between those calculated from the pseudo first- and
second-order equations. The experimental results indicated that RCA adsorbed most when at high P
concentrations; the calculated maximum capacity suggested adsorption could reach 0.9 mg/g.

Table 6. Kinetic study models [39,40].

Kinetic Study Linear Expression Parameters

The pseudo-first-order log(Qe −Qt) = − k1
2.303 t + logQe

Q = the amount of adsorption time (min)
(mg/g); k1 = the rate, constant of pseudo

first-order sorption (L/min);
Qe = adsorption capacities at equilibrium,
Qt = adsorption capacities at time t(min)

The pseudo second-order t
Qt

= 1
k2Q2

e
+ 1

Qe
t

k2 = the rate constant of the
second-order equation

Elovich model equation Qt = ( 1
β ) ln(αβ) + ( 1

β ) ln t α and β are constants

Fractional power model ln qt = ln a + b ln t
qt = the amount of adsorbate sorbed by

adsorbent at a time t;
and b = constants with b < 1

Table 7. Kinetic parameters for P adsorption on concrete.

The Pseudo-First-Order The Pseudo Second-Order

k1 Qe R2 k2 Qe R2

0.211 0.657 0.9876 0.279 0.893 0.9916

Elovich Model Equation Fractional Power Model

α β R2 a b R2

0.476 5.061 0.9599 0.184 0.5 0.8986

Figure 5 shows the adsorption rate and removal efficiency increased until equilibrium was
reached at 93% P adsorbed after 12 h and 99% at 24 h. The results were carried out at typical domestic
wastewater P concentrations (around 10–15 mg/L) and demonstrated a rate of adsorption likely to be
achievable in a wastewater treatment plant without excessive costs.
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3.1.6. Effect of Temperature on Sorption

The influence of temperature on the thermodynamics of adsorption (Gibbs free energy (∆G◦),
Enthalpy change (∆H◦), and Entropy change (∆S◦)) was calculated according to the procedure
described by Tosun (2012) [28] as shown in Equations (1)–(3):

∆G◦ = −RTb (1)

where R = gas constant (8.314 J/mol K); T = absolute temperature; b = the distribution coefficient,
which was calculated by:

b =
Ca

Ce
(2)

where Ca = equilibrium concentration of P on adsorbent (mg/L). The relation between (∆H◦), (∆G◦)
and (∆S◦) was given by:

∆G◦ = ∆H◦ − T∆S
◦

(3)

Figure 6 shows that the adsorption of P increased with rises in temperature and that the adsorption
process was endothermic. It is suggested that the higher temperature resulted in swelling of the RCA,
creating more space for adsorption as well as accelerating molecular diffusion and the chemical
reaction. The b value was obtained from ln(Qe

Ce
) vs. Qe and by extrapolating Qe to zero to obtain the

intercept value. Results for ∆G◦, ∆H◦, and ∆S◦ were calculated from the slope and intercept of a plot
of ln K vs. (1/T) (see Figure 7).

The thermodynamic parameters are summarised in Table 8. The negative values of ∆G◦ indicate
spontaneous adsorption of P on the RCA and the decreasing values of ∆G◦ confirm the experimental
data showing acceleration at higher temperatures. The ∆H◦ is positive and less than 20 kJ/mol, while
the value of ∆H◦ is less than 20 kJ/mol, indicating the adsorption process is physical [41]. It has been
suggested that the positive value of ∆S◦ is due to the release of the water from phosphate as it is
adsorbed onto the surface to increase the degrees of freedom and entropy of the system [42,43]. Other
thermodynamic sorption studies for P are summarised in Table 9. The free energy range of RCA was
similar to dolomite and activated carbon. Adsorption to these natural materials were also spontaneous,
endothermic, and with increased entropy. The similarity to activated carbon also suggests non-specific
adsorption sites corroborating the results from the isotherm and kinetic studies.
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Table 8. Thermodynamic parameters for adsorption of P on concrete particles.

Thermodynamic Parameters Temperature (K)

298 313 328

b 6.460 7.150 8.418
∆G◦ (kJ/mol) −4.623 −5.119 −5.808
∆H◦ (kJ/mol) 7.139 - -
∆S◦ (J/mol) 39.336 - -
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Table 9. Thermodynamic studies for P sorption by other materials.

Adsorbent ∆H◦ (kJ/mol) ∆S◦ (J/mol) Reference

Clinoptilolite rich tuff 20.8 100 [44]
Coir-pith activated carbon 3.88 21.88 [41]

Dolomite −5.85 −10.17 [45]
Granulated ferric hydroxide 15.1 80 [44]

Iron hydroxide-eggshell waste 81.84 - [46]
Bentonite −5.3 10 [44]

RCA 7.139 39.336 Present study
Slovakite 104.9 300 [44]

3.2. Desorption of Phosphorus

Figure 8 shows the proportion of P re-released. The desorption was in the range of 4–7% and
lowest at the higher initial P concentrations with maximum desorption at the initial P = 10 mg/L.
The adsorption and desorption capacities were not equal, corroborating a previous hypothesis that
different mechanisms were involved at different P concentrations and that some were irreversible.
It is suggested that at the lower concentrations adsorption was due to just physical adsorption, which
then enabled easier P release. Higher concentrations of P, on the other hand, could be sufficient to
cause reactions with the metals such as complexation and precipitation; desorption would therefore
be reduced [47]. A lower desorption rate at smaller P concentrations, was also reported by Yu et al.
(2009) [35]. They tested desorption from mortar (cement mixed with sand) and found the release was
9% but they deduced that the adsorption was mainly due to chemical reaction.
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3.3. Fractionation of Inorganic Phosphorus

Concrete is composed of Ca, Mg, Si, and Al hydroxides [33,37,48]. The proportions of each metal
bound P types were measured. The Si was assumed to be inactive and not analysed. The data is shown
in Figure 9: in the raw concrete O-P was the predominant form of P (37%), the remainder was mostly
Ca-P (29%) combined with the Al-P, Mg-P and labile P were less than 10%. There was no Fe-P observed
in this study. In the used RCA, on the other hand, labile P (43.3%) was the highest proportion, O-P
remained high (25%), Al-P and Ca-P were reduced but Mg-P increased, possibly reflecting variations
in the mineral composition. Previous work indicates P reacts with calcium and magnesium, from the
cement, to form insoluble precipitate (detail see Table 10).
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Table 10. Formation of P precipitate.

Sequence Chemical Formula

1 Mg2+ + HPO2−
4 + 3H2O→ MgHPO4·3H2O ↓

2 Ca2+ + HCO−3 + OH− → CaCO3 ↓ +H2O
3 5Ca2+ + 4OH− + 3HPO2−

4 → Ca5(OH)(PO4)3 ↓ +3H2O
4 Al3+ + PO3−

4 + 2H2O→ AlPO4·2H2O

In this study, Mg-P was low in the raw concrete and there are few studies of Mg-P due to its high
water solubility. This solubility and reactivity of the Mg-ion compared to Ca, Fe, and Al means Mg-P
forms rapidly, but is less crystalline and vulnerable to remobilisation by a wide range of conditions
(including pH). Ca-P is more stable due to slower crystallisation [49]. Previous work has also indicated
the form of P does vary according to the chemical composition of the filter media (Table 11). Oyster
shell, for example, was more than 50% CaO which then formed the majority of the adsorbed P as
Ca-P [50]. Zeolite was reported to be 70% SiO2, 10% Al2O3, 2.5% CaO, and 1.5% Fe2O3 [51–53].
The inactivity of Si would explain its poor performance for P removal. In other materials—such as
drinking water treatment residues, fly ash, and Bauxite residues—the total P amount was higher than
RCA, but the soluble P and sizes available were much smaller, and were not convenient as wastewater
filter media.

The used RCA contained 43% soluble P which is the second highest when compared to previous
work and blast furnace slag contained most soluble P (see Table 11). Hylander (1999) [58] carried out
loading scale pot experiments and stated that slag sorbed P was highly plant available. Therefore, RCA
could be used as fertiliser. This is due to the fact that soluble P could be recovered through equilibrium
soluble P-concentration, pH change, or redox potential [59,60]. It was confirmed in previous tests
that soluble P could be re-released as it was physical attraction, corroborating the predictions of the
isotherm, kinetic, and desorption tests. The reaction time was important because previous work
has shown that the surface-attracted P might gradually become more permanently bound through
complexation and precipitation reactions [54,61]. This was demonstrated in Table 11 which showed
adsorption was followed by the formation of apatite complexes. O-P was the second highest indicating
that between a third and a quarter of the P became fixed immediately, and would resist re-release,
but it still could be re-converted into available P by soil microorganisms (e.g., Phosphate solubilising
bacteria) [62].
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Table 11. P specification of various saturated material.

Media Total
(mg/g)

Soluble P
(mg/g)

Al-P
(mg/g)

Fe-P
(mg/g)

O-P
(mg/g)

Ca-P
(mg/g) Reference

Blast furnace
granulated slag 0.086

0.042 - 0.007 - 0.037
[54]49% - 8% - 43%

Zeolite 0.448
0.024 0.352 0.041 0.016 0.0131

[20]5.4% 78.6% 9.2% 3.6% 2.9%

Volcanic rock 0.516
0.066 0.311 0.027 0.054 0.058

[20]12.8% 60.3% 5.2% 10.5% 11.2%

Crushed Bricks 0.956
0.068 0.498 0.277 0.024 0.089

[20]7.1% 52.1% 29.0% 2.5% 9.3%

RCA 1.298
0.577 0.110 0 0.297 0.193 Present study

44.42% 8.50% 0% 22.86% 14.86%

Oyster shell 3.596
0.363 0.08 0.014 0.589 2.55

[20]10.1% 2.2% 0.4% 16.4% 70.9%

Light-weight
expanded clay 6.527

0.053 1.641 0.022 - 4.811
[55]1% 25% <1% - 74%

Gas desulfurization
products 8.607

2.544 1.452 0.008 0.9 3.703
[56]30% 17% 0% 10% 43%

Bauxite residual 19.487
0.568 14.31 2.203 1.21 1.196

[56]3% 73% 11% 6% 6%

Fly ash 28.074
9.131 16.631 0.147 1.316 0.849

[56]33% 59% 1% 5% 3%

Drinking Water
treatment residual

30.031
0.367 20.726 4.66 1.755 2.523

[56]1% 69% 16% 6% 8%

Electric arc fumace
steel slag

- - - - - -
[57]0.63% 3.05% 13.67% - 82.65%

Iron melter slag - - - - - -
[57]2.41% 22.88% 12.69% - 62%

4. Conclusions

This study tested recycled concrete for P removal from wastewater, using a larger sized (2–5 mm)
and therefore more suitable media than previous studies in practice. More than 90% P removal
was achievable using concentrations typical of sewage effluents (p < 15 mg/L) with an equilibrium
time of 24 h. Model analysis predicted that capacity could reach 6.88 mg/g. The experiments using
an analysis of the kinetics (pseudo second-order R = 0.9916) and thermodynamics indicated the
adsorption process was spontaneous and, together with the differential extraction and desorption tests
results, indicated the mechanism was surface physical electrostatic attraction followed by chemical
precipitation. The results suggested that half the P adsorbed to the surface was labile and available for
recovery, or, after further crushing, could be used directly as a fertilizer supplement. Further studies
on the uptake and impact on plant growth from P enriched RCA would be useful.

The results offer a new usage for high cement RCA which is undesirable for aggregate, due to a
lower density, high water adsorption, and reduced structural performance [63,64]. Further work is
also suggested to measure how concrete adsorbs heavy metals and persistent organics and how these
might interact with C, P, and N in effluents.
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