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1. Introduction
The use of biotechnology to control and prevent the contamination of water resources

has a long track record that goes back to the beginning of the 20th century. In that early
stage of development, activated sludge technology was developed and implemented for
the treatment of wastewater [1]. This technological breakthrough, at that time, was a result
of several efforts to enhance the performance of the innovative biological filter [1,2]. Since
then, scientists and engineers have started a quest to improve the effective implementation
of this technology in partial or full stabilization of biodegradable contaminants, i.e., organic
contaminants [3]. This led to the development of several technologies that use varied modes
of contact between the wastewater and the biological mass in the presence or absence of
air [3]. The wide implementation of biological treatment technologies in the management
of several industrial waste streams can be attributed to the efficiency of these technologies,
the competitive construction and operational costs, the low energy requirements, the
operational flexibility, and the reduced environmental impacts.

Recently, the advancements in the applications of biotechnologies for water and
wastewater treatment are being investigated as a part of the quest to improve the sustain-
ability of integrated water and wastewater management systems. These technologies are
directed not only to improve the conventional secondary treatment of wastewater, i.e., bi-
ological treatment, but also extended to address the tertiary treatment, i.e., sorption [4]
and photodegradation [5]. The advances in this field cover not only the use of bacteria
but also algae and fungi [6] and advances in improving sludge management and contact
technologies, e.g., microbial fuel cells [7], but is also extended to cover the removal of toxic
elements, e.g., heavy metals. This Special Issue is directed to present the recent advances in
the implementation of biotechnology in water and wastewater treatment with a focus on
aspects related to the sustainability of the technologies, i.e., improved efficiency, reduced
costs, and minimized energy consumption.

2. Summary of Contributions
This Special Issue includes 11 papers (Contributions 1 to 11) and this editorial. Improv-

ing biomass management by using thermal degradation to valorize the biomass or sludge
separation to enhance recyclability was addressed in two research papers {C2, C4}. In the
first paper, the integration of the pyrolysis and gasification technologies was proposed
to improve the management process {C2}. In that context, the results of pilot-scale trials
were presented to valorize the biomass via the production of biochar. The feasibility of

Water 2025, 17, 509 https://doi.org/10.3390/w17040509
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the presented technology was investigated by coupling the energy analysis and prelimi-
nary techno-economic assessments. The work concludes on the efficiency of the proposed
system to remove emerging contaminants, e.g., PFAS, from the product, scrubber water
and gaseous emissions. Moreover, the optimization conditions for operating self-sufficient
energy were presented {C2}. In the second paper, the improvement of the granulation of
the activated sludge with poor settle ability was investigated for variable high-strength
effluent {C4}. In this respect, a microbial selection strategy to form aerobic granules was
implemented via the use of an anaerobic feast/aerobic famine strategy in a sequencing
batch reactor. The work reveals that the granulated sludge has significantly lower resistance
compared to the seed sludge due to pore blockage and has significantly higher sustainable
flux. The research work recommends the implementation of adequate influent pretreatment
technology to improve the performance of the adopted strategy in the granulation of the
activated sludge {C4}.

Heavy metal removal from water and wastewater is one of the challenging problems
that affect the applicability of biotechnologies in this field. In this Special Issue, five research
papers addressed the effect of the presence of these metals on the biomass and the improve-
ment in the removal performance and the optimization of the process {C3, C5, C6, C10, C11}.
Insights into the effect of the presence of lead in municipal wastewater on the symbiosis of
algal–bacterial granular activated sludge were provided in a research paper {C10}. This
effect was studied for initial lead concentration in the range of 2.5–10 ppm. Within that
range, the study reveals that the presence of lead has little effect on the performance of the
algal–bacterial granular sludge {C10}. The optimization of the Cr removal performance in
microbial fuel cells was investigated in a research paper by using an adaptive neuro-fuzzy
inference system (ANFIS) and artificial ecosystem optimization (AEO) {C11}. The study
considered the effect of the Cu(II)/Cr(VI) ratio, the substrate concentration, and the external
resistance during the optimization process and concluded that the integration between
ANFIS and AEO to model and optimize the process led to increasing both the power
density and the Cr removal considerably {C11}. Another research paper addressed the pro-
cess modeling for the treatment of water contaminated by Cr via using bacterial cellulose
biomass {C3}. Lab-scale and pilot-scale experiments were conducted in that research work
to study the removal of chromium using the biomass. In addition, the reusability of the
biomass was investigated by studying biomass elution using EDTA. The work concluded
on the applicability of the used biomass to remove heavy metals from aqueous solutions
{C3}. The fourth paper investigated the use of biotechnology in the removal of Cr from
aqueous solutions using transformed E. crassipes biomass with sodium Tripolyphosphate
(TPP){C6}. In that respect, the sorption capacity and the cost were investigated, and the
elution performance to reuse the used biomass was determined. The results suggest that E.
crassipes biomass, enhanced with PTT and through EDTA elutions, could be proposed as a
suitable water remediation technology based on sorption technology. The last research pa-
per that covered the removal of heavy metals investigated the construction of a genetically
engineered Escherichia coli cell factory for the removal of Cd {C5}. In this respect, molecular
biology techniques were adopted to fuse the recombinant human ferritin (rHF) gene and
the synthetic phytochelatin (EC) gene. The work shows the successful soluble expression
of the recombinant fusion protein in E. Coli cells that can remove 9.2 µmol of Cd2+ in vitro
over a wide range of temperatures (16–45 ◦C) and in slightly acidic–slightly neutral pHs
(5–9). The main emphasis of that work is on the synthesis of multivalent chelating peptides
in E. coli cells to enhance Cd removal {C5}.

Finally, improving the degradation of organic contaminants in the tertiary treatment
was presented in four papers {C1, C7–C9}. The first paper addressed the effect of the
preparation conditions of the ZnO nano-particles on their photo-catalytic activity {C1}.
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The work addresses the effect of the calcination temperature during the preparation of
ZnO nanoparticles on the structural, morphological, and optical properties of the prepared
material. The study demonstrates that the calcination temperature affects photo-catalytic
activity, and the performance of the optimized material in the degradation of RhodamineB
was investigated under different operating conditions, either solely or combined with
H2O2oxidation. The study concluded on the optimized conditions to fully degrade the
Rhodamine B {C1}. Another study assessed the potential use of the immobilized enzymes,
i.e., Horseradish Peroxidase (HRP) and Myoglobin (MB), in sodium alginate for the treat-
ment of organic pollutants {C7}. The prepared material was tested for its potential use
in the degradation of aniline, phenol, and p-nitrophenol. The paper concludes on the
resilience of the enzymes to the changes in the temperature and pH and on the promising
reusability performance {C7}. The third paper in this category studied the removal of
Xenobiotics by Trametes hirsute LE-BIN 072 activated carbon-based Mycelial pellets {C8}.
In that context, the roles of fungal mycelium and fungal enzymes in the sorption and
biodegradation of the dye were evaluated. The work reveals that laccases were proposed as
the main contributing enzymes in the degradation process, where RT-qPCR measurements
demonstrated an increase in transcription for the two laccase genes—lacA and lacB. It has
been proven that the composite Mycelial pellets of T. hirsute show improved sorption ability,
which emphasizes the role of fungal mycelium in improving dye removal {8}. Finally, the
last paper investigated phenol degradation using immobilized Alcaligenes faecalis strain
JH1 in Fe3O4-modified biochar from pharmaceutical residues{C9}. In that work, four types
of biochar were used as carriers to immobilize different Alcaligenes faecalis strains to have
insights into the removal mechanism of phenol and the reusability of the material was
investigated. The study indicated that the immobilization process improves the tolerance
of the bacteria to the operating conditions. The durability of the material, its stability, and
reproducibility were proven, and the role of Fe3O4nano-particle in enhancing the removal
was concluded.

3. Conclusions
Despite the use of biotechnology in water and wastewater treatment having a long

operational track, innovation in this field is directed to improve the overall performance
of the technologies and ensure their sustainability. The presented research papers in
this Special Issue cover these motivations, where biomass management, improving the
performance of heavy metal removal, and organic contaminant degradation were experi-
mentally and theoretically investigated. The presented papers highlighted the possibility
of improving the practice of treatment and balancing the sustainability measures, e.g.,
cost-effectiveness, energy efficiency, and reduced environmental impacts. Yet efforts are
still needed to synergize the sustainability performance indicators with the technical as-
sessment during the feasibility assessment of the use of different biotechnologies in water
and wastewater treatment.

Author Contributions: Conceptualization and writing—original draft preparation, Y.-T.H. and
R.O.A.R.; writing—review and editing, all authors. All authors have read and agreed to the published
version of the manuscript.
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Abstract: This research provides valuable insights into the application of ZnO nanopar-
ticles in photocatalytic wastewater treatment. Process optimization was carried out by
determining the ratio of the surface area to the energy band gap (S/E) in the photocatalysis
rate under different sources of light (UV light, visible light, sunlight). The nanoparticles
were synthesized using the precipitation technique, and the calcination process was car-
ried out within a temperature range of 400 to 700 ◦C. The structural, morphological, and
optical properties of materials were investigated using X-ray powder diffraction (XRD),
scanning electron microscopy (SEM), UV-Vis diffuse reflectance (UV-Vis DRS), Raman
spectroscopies, and Fourier transform infrared (FTIR) spectroscopies. The study demon-
strates that calcination temperature significantly influences the photocatalytic activity of
ZnO nanoparticles by altering their size, surface properties, shape, and optical behavior.
Optimal decomposition efficiencies of Rhodamine B were achieved at 400 ◦C, with yields of
24%, 92%, and 91% under visible, UV, and sunlight irradiation, respectively. Additionally,
the surface area decreased from 12.556 to 8.445 m2/g, the band gap narrowed slightly from
3.153 to 3.125 eV, and crystal growth increased from 0.223 to 0.506 µm as the calcination
temperature rose. The photocatalytic properties of ZnO nanoparticles were assessed to
determine their efficiency in decomposing Rhodamine B dye under operational parame-
ters, including pollutant concentration (C0), sample amount, pH level, and reaction time.
The sample exhibited the best breakdown rates with C0 = 5 mg/L, solid-to-liquid ratio
(S/L) = 50 mg/L, pH = 7, and reaction time = 1 h. Additionally, we combined two oxida-
tion processes, namely H2O2 and photocatalytic oxidation processes, which significantly
improved the Rhodamine B removal efficiency, where 100% of RhB was degraded after
60 min and 100 µL of H2O2.
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1. Introduction
Solar energy is one of the most important renewable energy sources, if not the most

important, in terms of availability, abundance, and affordability [1–3]. Researchers are
exploring photocatalysis as a transformative technology to address environmental chal-
lenges. Photocatalysis harnesses sunlight, a renewable energy source in water treatment,
by effectively breaking down harmful pollutants like dyes into less toxic substances, re-
ducing their environmental and health risks and minimizing their impact on ecosystems.
This eco-friendly solution contributes to cleaner air, water, and soil. It aligns with global
efforts toward greener, more energy-efficient technologies [4–7]. Moreover, photocatalysis
enables the direct transformation of solar energy into usable heat or other valuable energy
resources, sparking significant interest and applications across various sectors. Concretely,
photocatalytic technologies have found utility in sensitized solar cells [8,9], chemical pol-
lutant oxidation, and reduction [10], as well as the inactivation of microbial pathogens.
Experts claim that photocatalysis is a complex process that fundamentally depends on the
presence of a catalyst, usually a semiconductor. This process influences the kinetic rate
of the photochemical reaction involving reactive species and light, while maintaining its
fundamental thermodynamic limitations. Photons serve as the energy source, aligning
with the band gap energy of the semiconductor, to excite electrons from the valence band
to the conduction band, resulting in the generation of electron–hole pairs. Charge carriers
migrate to the photocatalyst surface, where they participate in redox reactions that generate
reactive oxygen species (ROS), including hydroxyl radicals (•OH) and superoxide anions
(O2
−), essential for pollutant degradation [11–13]. Zinc oxide (ZnO) is a widely recognized,

and highly attractive semiconductor, valued for its remarkable properties such as high
crystallinity, tunable optical and electronic properties, exceptional quantum efficiency,
low electrical conductivity, and excellent thermal stability [14,15]. These properties can
be tailored by synthesizing ZnO in various nanostructural forms, such as nanoparticles,
nanorods, nanosheets, and hierarchical architectures [16], each offering distinct advantages
for diverse applications like anti-corrosion [17], electronics and optoelectronics [18], indus-
trial applications [19], nanomedicine applications like cancer therapy [20], antioxidant [21]
and antibacterial uses [22], and environmental protection like photocatalysis for pollutant
degradation [23,24]. Zinc oxide ZnO is often considered superior to titanium dioxide TiO2

for sunlight photocatalysis [9,25,26].
Zinc oxide is classified as an n-type semiconductor owing to the presence of extra zinc

atoms and oxygen vacancies in the interatomic sites. Its crystalline structure adopts the
hexagonal wurtzite form [27,28]. It is recognized that its activity in the ultraviolet region
is attributed to its broad band gap of 3.3 eV. However, as the band gap energy decreases,
the energy threshold for electronic transitions is lowered, allowing the absorption of
lower energy photons and shifting the material’s radiation absorption towards the visible
spectrum [29,30]. This transition is essential for improving the performance of ZnO in
sunlight [31], an objective actively targeted by researchers in the field by exploring several
strategies, including doping with metal or non-metal elements, creating heterojunctions
with other materials, and modifying defect density to optimize light absorption and charge
carrier dynamics [32]. Another crucial consideration is the assessment of the suitability of
a material as a catalyst by subjecting it to specific conditions for gaining a higher specific
surface area and a larger number of active sites to achieve more efficiency with less quantity
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because we should mention that the big quantity of using ZnO pose ecological risks to
aquatic and terrestrial life, affecting their health, disrupting ecological processes, and
altering ecosystem balance. They accumulate in aquatic organisms, disrupt soil microbiota,
and pose risks to non-target organisms. Green synthesis of biocompatible ZnO NPs offers
potential for environmental remediation, but comprehensive ecotoxicological assessments
are needed for safety, as well as improved thermal and mechanical stability.

It is important to recognize that the performance of the material can be tuned by
adjusting its particle size and morphology [33]. The surface characteristics of metal oxides,
including oxygen vacancies and surface defects, are essential in improving photocatalytic
activity by offering active sites for reactions. As the calcination temperature rises, particle
aggregation diminishes the surface area and defect density, resulting in a reduction of
active sites. This process enhances crystallinity while marginally increasing the band gap,
resulting in a shift of light absorption towards the UV region and restricting the utilization
of visible light. Optimizing photocatalytic performance necessitates a balance among sur-
face area, defect density, and band gap energy [34–37]. It is important to find a compromise
between band gap energy and surface area where a catalyst exhibits its optimal photocat-
alytic performance. Therefore, achieving an efficient photocatalyst requires implementing
two contradictory conditions while controlling the thermal treatment. Extensive research
has been conducted on the effects of thermal treatments on ZnO on properties such as
optical properties [34,36], structural morphology [38,39], and photonic efficiency [33,40].
However, there is a void in the understanding of the inverse relationship between band
gap, area, and photonic energy. This study provides a unique perspective. By evaluating
how this ratio affects photonic efficiency across different light sources, the work bridges
the gap between material characterization and performance optimization. The focus of
our study is a comprehensive comparison of the effect of calcination temperature on the
photonic performance of ZnO nanoparticles under different light sources UV, visible, and
solar radiation. This approach allows us to determine the optimal calcination conditions for
specific light sources. This research is based on the fabrication of ZnO nanostructures using
the deposition method with the calcination temperature varying from 400 ◦C to 700 ◦C.
Zinc oxide (ZnO) nanoparticles can be synthesized using various methods, including
sol–gel [41], hydrothermal [42], chemical vapor deposition [43], microwave-assisted [44],
solution combustion [45], and co-precipitation [38]. Each method offers unique advantages
and applications, with the choice depending on the specific application requirements and
desired properties. Precipitation is considered one of the most efficient processes for pro-
ducing ZnO nanoparticles. The preference for this method stems from its straightforward
synthesis, low formation temperature, high level of sample homogeneity, and the ability
to precisely control the chemical composition [46,47]. The primary goal is to achieve the
optimal calcination temperature, ensuring the highest possible photocurrent yield under
UV, visible light, and sunlight. The secondary goal is to determine a favorable ratio between
small band gap energy and large specific surface area, resulting in high efficiency in the
degradation of the organic pollutant [44]. After determining the optimal light source and
calcination temperature, the catalytic process is optimized by adjusting both the ZnO mass
and the pollutant concentration, along with pH adjustments. A complementary inves-
tigation is also conducted on the effect of adding H2O2 to the photocatalytic system to
achieve maximum efficiency. Rhodamine B was chosen as a model pollutant of choice to
evaluate the photocatalytic performance of the synthesized samples. This dye is often used
in various industrial applications and has been observed to pose potential environmental
hazards. Trace experiments have indicated its potential ecotoxicity towards freshwater
aquatic organisms [48,49]. Lethal doses of this substance have the potential to cause toxicity,
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and its introduction into the natural ecosystem may pose risks to aquatic organisms, as
well as carcinogenic effects on both humans and animals [50].

2. Materials and Methods
The materials used in this study included zinc chloride (anhydrous) (ZnCl2, >97%,

MW = 81.89 g/mol, Sigma-Aldrich, Germany), sodium hydroxide (NaOH, 99%, Merck,
Germany), and Rhodamine B dye (RhB) (C28H31ClN2O3, purity 95%, Biochem, France). All
materials were used without any additional purification steps. Deionized water (DI) was
obtained from local sources and used in the experimental procedures.

2.1. Synthesis of ZnO Nanopowders

ZnO was prepared by precipitation with a key modification in the addition of a
saturated NaOH solution all at once rapidly instead of gradual addition [51] involving the
following steps. At room temperature (26 ◦C), 30 g of zinc chloride (ZnCl2) was dissolved
in 100 mL of deionized water (DI) to form a solution. The solution underwent continuous
agitation using a stirrer plate at room temperature, and upon achieving homogeneity, 15 mL
of a sodium hydroxide-saturated solution (NaOH) was added at once. The mixture was
vigorously stirred for 15 min at room temperature, resulting in the formation of a white
precipitate. This precipitate was filtered by filter paper with a pore size equal to 0.45 µm
and meticulously rinsed with DI to eliminate all salt and chloride residues. The obtained
zinc hydroxide was then dried at 100 ◦C and divided into five parts. Each part was then
treated in air at a specific temperature in the range of 400 ◦C to 700 ◦C for 2 h starting
from room temperature with a heating rate of 5 ◦C/min. The synthesized samples were
designated as follows: ZnO-400, ZnO-500, ZnO-600, and ZnO-700, corresponding to the
calcination temperature.

2.2. Characterization

Powder X-ray diffraction (XRD) patterns were recorded in the range of 20–80◦ (2θ) in
the scan mode (0.028 step size, 2 s counting time) using an Empyrean Panalytical (Germany)
powder diffractometer employing CuKα radiation operating at 40 kV and 40 mA. The
unit cell parameters were refined within the hexagonal system through the measured peak
positions of the XRD pattern, with a least squares method and employing the CELREF pro-
gram. For the determination of peak characteristics, the peak profiles were fitted with the
WINPLOTR program. The crystallite sizes and microstrain contributions were estimated
from analyses of Williamson–Hall plots [52]. For morphological studies, a scanning electron
microscope (SEM) of the Thermo Scientific Quattro S (USA) field emission type was uti-
lized. The functional groups in samples were identified using a Fourier-transform infrared
spectrometer (FT-IR), specifically the Thermo Scientific Nicolet IS50 FT-IR spectrometer
(USA), covering the wavenumber range of 400–4000 cm−1. Raman spectroscopy was per-
formed using an Avantes (AvaSpec-HSC-TEC spectrometer, Apeldoorn, The Netherlands),
ensuring precise detection of Raman signals over the spectral range of 200–4000 cm−1. Ad-
ditionally, optical absorbance in the range of 200–800 nm was measured using an Evolution
220 (Thermo Scientifi, Waltham, MA, USA) UV-visible spectrophotometer. Surface area
measurements were conducted at 77 K using an Autosorb iQ Station Analyzer (Quan-
tachrome, Boynton Beach, FL, USA), providing detailed insights into the surface properties
of the samples.

2.3. Photocatalytic Experiments

Rhodamine B (RhB) served as the model dye to evaluate the photocatalytic perfor-
mance of the various samples of ZnO. The photodegradation tests were conducted under
distinct irradiation sources, including solar (1800 Lux), visible (using 150 W LED lamps),
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and UV light (365 nm, rated at 15 W). The tests were performed in beakers containing
50 mg of photocatalyst and 100 mL of an aqueous solution of RhB dye (5 mg/L). Prior to
the photocatalytic process, the solutions underwent magnetic stirring for 120 min in the
dark to assess the absorbance yield of sample even the adsorption equilibrium was reached
within 30 min. Subsequently, the mixture was exposed to different light irradiation sources
to evaluate the impact of heat treatment conditions on the photocatalytic efficiency.

The influence of pH on photocatalytic degradation was examined by modifying the
pH of a 5 mg/L Rhodamine B solution with 0.1 M NaOH and 0.1 M HCl, measuring pH
values (2, 7, 10) using a calibrated pH meter. For H2O2, 100, 300, and 500 microliters were
added to the reaction mixture while keeping the catalyst dosage and reaction volume
constant. Kinetic studies were conducted by collecting samples at 30-min intervals for those
irradiated by visible and UV light, and at 15-min intervals for samples exposed to sunlight.
For the effects of H2O2 and pH, the interval was 5 min. The samples were centrifuged to
remove the catalyst, and the supernatant was analyzed using UV-Vis spectrophotometry.

The photodegradation yield (D (%)) was estimated using:

D(%) =
(C−Ct)

C
× 100 (1)

where C and Ct represent the RhB concentration after adsorption equilibrium on the semi-
conductor before irradiation and at a given time, respectively. The photodegradation kinet-
ics of RhB were evaluated using the Langmuir–Hinshelwood equation [53] (Equation (2))

r = −dCt

dt
=

bKCt

1 + KCt
(2)

In photocatalysis experiments, the concentrations used are generally low, so the
integrated Langmuir–Hinshelwood equation can be simplified as follows:

Ct = C× e−kt (3)

where b (mg·min−1·L−1), K (L·mg−1), and k (= b× K, min−1) are the photocatalytic con-
stant, the adsorption constant and the first-order reaction rate constant, respectively.

3. Results
3.1. Material Characterization
3.1.1. X-Ray Powder Diffraction

The X-ray diffraction patterns are shown in Figure 1. ZnO is shown as a single pure
phase. Refinement of the lattice parameters for this phase as a function of the calcination
temperature shows no important differences (Table 1); the observed values are in accor-
dance with those of JCPDS reference. Their very slight decrease upon rising calcination
temperature is associated with the increase of crystal sizes. In this respect, analysis by
means of Williamson–Hall method of the evolution of crystallite size and microstrain
confirms this tendency. As expected, the crystallite size D and microstrain ε (∆d/d%) are
found to vary in opposite directions vs. calcination temperature (Table 2). Both results
reveal the decrease in the number of defects and the enhancement of crystallinity while
calcination temperature increases, as corroborated by other research. This observation will
have a profound impact on the optical properties. It is important to note that the grain sizes
in a polycrystalline sample is independent of the crystallite sizes [54], although in some
cases these two quantities are correlated. The former is deduced from electron microscope
observations while the latter are estimated from X-ray diffraction peak profiles.
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Figure 1. XRD spectra of ZnO calcined at 400 ◦C, 500 ◦C, 600 ◦C, and 700 ◦C.

Table 1. Lattice parameters, crystallite size D, and microstrain ε of ZnO phase in the four samples.

Calcination
Temperature

(◦C)

Crystallite
Size

D (nm)

Crystal Parameters
(Å)

Microstrain
ε (%)

A C

ZnO-400 63 3.2502(1) 5.2068(2) 0.0335
ZnO-500 66 3.2498(1) 5.2062(3) 0.0177
ZnO-600 67 3.2497(1) 5.2056(2) 0.0139
ZnO-700 72 3.2498(1) 5.2058(2) 0.0061

Table 2. BET analysis results of synthesized ZnO samples.

Samples BET Surface
Area (m2/g)

Langmuir Surface
Area (m2/g)

BJH Adsorption
Average Pore

Diameter (nm)

BJH Desorption
Average Pore

Diameter (nm)

Pore Volume
(cm3/g)

ZnO-400 2.793 12.556 27.238 26.453 0.0048
ZnO-500 2.640 10.733 32.039 25.904 0.0054
ZnO-600 2.518 9.126 32.268 22.965 0.0036
ZnO-700 2.201 8.445 15.467 9.518 0.0026

3.1.2. Scanning Electron Microscopy (SEM)

In this investigation, we consequently explored the impact of diverse calcination tem-
peratures, ranging from 400 ◦C to 700 ◦C, on the morphology and size of zinc oxide (ZnO)
nanoparticles (Figure 2). At 400 ◦C, the nanoparticles homogeneously exhibited roughly
spherical shapes. At intermediate calcination temperatures, an evolution towards larger
agglomerations and well-faced crystals is evident, reflecting enhanced sintering and crystal
growth from 0.112 to 0.506 µm. Parallelly, the spread of the particle size distribution is more
extended. At 700 ◦C, these tendencies are more pronounced. These results correspond
to those presented in a similar study [55]. This comprehensive approach allowed us to
discern nuanced changes in morphology and particle size at different temperature regimes,
providing valuable insights for tailoring the synthesis of ZnO nanoparticles to specific
applications, whether requiring finer particles at lower temperatures or larger, faceted
structures at higher temperatures. Additionally, our findings shed light on how these tem-
perature variations impact the optical properties and crystal structure of ZnO, enriching
our understanding of the multifaceted implications for various applications in catalysis and
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photocatalysis. The reduced sizes and higher defect levels at lower temperatures suggest
higher specific surface area and density of active sites. The correlation between the nuanced
morphological changes induced by varying calcination temperatures and the subsequent
effects on catalytic and photocatalytic activities provides a comprehensive framework for
optimizing the synthesis of ZnO nanoparticles for specific functional applications.
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Figure 2. SEM image for different samples of ZnO nanoparticles calcined at 400 ◦C, 500 ◦C, 600 ◦C,
and 700 ◦C.
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3.1.3. Fourier Transform Infrared (FTIR)

Figure 3 shows the FTIR spectra of the samples synthesized under different heat treat-
ment conditions for ZnO nanoparticles. In the spectral range between 1600 and 1700 cm−1,
the zinc oxide peak became sharper and smoother, indicating increased crystallinity as the
calcination temperature increased. A slight peak shift was observed, specifically between
435.06 and 459.16 cm−1. Furthermore, in the calcined samples above 400 ◦C, the disap-
pearance of the OH band at 3492.70 cm−1 suggests the achievement of the transformation
from Zn(OH)2 to ZnO [56]. During the first step of preparation, the presence of excess
OH− ions led to the formation of Zn(OH)2, which further transformed into ZnO during
the calcination process. These findings support the results obtained from XRD analysis
confirming the transformation of Zn(OH)2 into ZnO and enhancing the overall reliability
of the experimental observations. The examination of the FTIR and XRD results shows that
chemical changes in the ZnO nanoparticles occur during calcination.
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3.1.4. BET Surface Area

The BET analysis of the four ZnO samples, subjected to different calcination tem-
peratures (400 ◦C, 500 ◦C, 600 ◦C, 700 ◦C), revealed distinctive patterns in their surface
properties. Figure 4 shows the N2 adsorption–desorption isotherms for both the ZnO
precursor and the samples treated at different temperatures. The observations indicated a
continuous decrease in the specific surface area from 12.556 to 8.445 m2/g with the increase
in calcination temperature from 400 ◦C to 700 ◦C, as detailed in Table 2. This decrease indi-
cates a reduction in the available surface area, resulting from the fusion and agglomeration
of particles at high temperatures, as clearly shown by scanning electron microscope images
that highlight the increase in the size of crystalline particles.

When analyzing the pore size distribution, it was observed that the samples exposed
to high calcination temperatures showed a significant shift towards larger pores, reflecting
a relative increase in larger pores at the expense of smaller ones. However, the analysis
showed a decrease in the total pore volume with increasing calcination temperature, due to
particle coalescence and the shrinkage of small pores.
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Figure 4. Nitrogen adsorption–desorption isotherms for synthesized ZnO samples calcined at (a) 

400 °C, (b) 500 °C, (c) 600 °C, and (d) at 700 °C. 

3.1.5. Raman Spectroscopy 

The Raman spectrum of ZnO nanoparticles calcined at 400 °C, 500 °C, 600 °C, and 

700 °C demonstrates the progression of crystal quality, defect concentration, and struc-
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Figure 4. Nitrogen adsorption–desorption isotherms for synthesized ZnO samples calcined at
(a) 400 ◦C, (b) 500 ◦C, (c) 600 ◦C, and (d) at 700 ◦C.

Similar to the current results, another study indicated similar effects on different
materials. For example, a study showed a significant decrease in surface area from 25.4
to 8.8 m2/g and pore volume from 0.35 to 0.03 cm3/g with an increase in temperature
up to 600 degrees Celsius [57]. Furthermore, a study on zirconia gel showed a significant
decrease in surface area from 142 to 93 m2/g when calcined up to 500 degrees Celsius,
with the complete elimination of micropores at 700 degrees Celsius [58]. This indicates a
reduction in the smaller pores, along with a significant increase in crystallization.

3.1.5. Raman Spectroscopy

The Raman spectrum of ZnO nanoparticles calcined at 400 ◦C, 500 ◦C, 600 ◦C, and
700 ◦C demonstrates the progression of crystal quality, defect concentration, and structural
characteristics as the temperature rises. The notable E2 (high) mode (~437 cm−1), illustrated
in Figure 5, is indicative of the wurtzite ZnO lattice structure [59], which sharpens and in-
tensifies at 600 ◦C, indicating improved crystallinity and well-ordered lattice vibrations. At
lower temperatures (400 ◦C, 500 ◦C), broader peaks, and higher defect-related signals [60],
the A1(LO) mode, approximately at 600 cm−1, is detected, indicating reduced crystallite
dimensions and the existence of oxygen vacancies, along with lattice imperfections. At
700 ◦C, the high level of crystallinity is maintained; however, the minor reduction in peak
intensity indicates that grain growth is occurring alongside a decrease in surface scatter-
ing effects, potentially leading to a weaker Raman signal. These trends underscore the
interaction among defect annealing, grain size, and lattice ordering [61].
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Figure 5. Raman spectrum of ZnO nanoparticles calcined at 400 °C, 500 °C, 600 °C, and 700 °C. 
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3.1.6. Optical Properties

The optical absorption characteristics of ZnO nanoparticles were explored using UV-
Vis spectroscopy within the wavelength range of 200 to 800 nm (Figure 6). Evidently, ZnO,
being a high band gap semiconductor, showcases distinctive properties in the visible and
near-ultraviolet spectra. The determination of the optical band gap of the nanoparticles was
calculated using the Tauc formula which analyzes the linear portion of the graph between
the square of the absorption coefficient (αhν) and photon energy (hν) [62]:

(αhν)n = B(hν − Eg) (4)

where α is the absorption coefficient, hν is the photon energy, Eg is the optical band
gap energy in eV, B is a proportionality constant, n is the exponent depending on the
electronic transition type, n = 1/2 n for directly allowed transitions, and n = 2 for indirectly
allowed transitions [63]. The optical band gap of the ZnO nanoparticles was found to
be temperature-dependent, exhibiting a decrease in band gap energy as the calcination
temperature increased. The absorption maxima of the nanoparticles, calcined at various
temperatures (400 ◦C, 500 ◦C, 600 ◦C, and 700 ◦C), shifted towards lower wavelengths,
specifically at 371, 373, 375, and 376 nm Figure 7, respectively. Correspondingly, the band
gaps were measured as 3.153, 3.139, 3.128, and 3.125 eV, respectively, as presented in
Table 3 and Figure 6. These findings are consistent with various similar studies [33,63].
The observed blue shift in the band edge absorption wavelength of ZnO nanopowders
produced at high temperatures is generally attributed to the presence of shallow levels
within the band gap, which can be linked to impurity atoms or disruptions in the ZnO
lattice [37,64,65]. However, it is suggested that this red shift is mainly due to the decrease in
band gap resulting from an increase in particle size at higher calcination temperatures. This
increase in particle size leads to a reduction in specific surface area, causing an increase
in the coordination between surface atoms and a decrease in the coordination between
surface atoms and underlying atoms. This, in turn, contributes to the observed blue shift
phenomenon, attributed to the reduction in interatomic distance in the surface.
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Figure 6. The optical properties and Tauc plots for determining the band gap energy of the photo-

catalyst calcined at 400 °C, 500 °C, 600 °C, and 700 °C. 

Figure 6. The optical properties and Tauc plots for determining the band gap energy of the photocat-
alyst calcined at 400 ◦C, 500 ◦C, 600 ◦C, and 700 ◦C.
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The surface-to-band gap energy ratio (S/E) was calculated to determine the optimal
ratio for achieving the maximum rate of RhB breakdown, as outlined in Table 3. This
strategic analysis recognizes the critical interplay between surface properties and band gap
energy in influencing the effectiveness of the degradation process.
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Table 3. Optical properties of the synthetized materials.

Calcination
Temperature

Wavelength of Light
Required for

Photoactivation (nm)

Band Gap
(eV) S/E Ratio

ZnO-400 371 3.153 3.982
ZnO-500 372 3.139 3.419
ZnO-600 375 3.128 2.917
ZnO-700 376 3.125 2.699

3.2. Adsorption Test

The interaction between ZnO nanoparticle samples and Rhodamine B was examined
in the absence of light, and the results are illustrated in Figure 8. The adsorption capacity of
ZnO nanoparticles decreases with an increase in calcination temperature. This decrease can
be attributed to various factors, including heightened agglomeration (as evident in SEM
data), reduced specific surface area (confirmed in Figure 2), and diminished dispersion.
Moreover, the structural transformation of ZnO nanoparticles during calcination led to
a reduction in surface defects [8,37], oxygen vacancies, and surface hydroxyl groups.
These defects and functional groups play a fundamental role in the adsorption process,
emphasizing that the control of calcination temperature enables the tailoring of ZnO
materials with specific and customized adsorption capabilities.
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Figure 8. Adsorption capacity of ZnO calcined at different temperature for Rhodamine B at different 

calcination temperatures (pH = 6, S/L = 50 mg/100 mL, C0 = 5 mg/L, time = 60 min). 
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3.3. Photocatalysis Tests

To evaluate the effect of calcination temperature and light source on the optical perfor-
mance of ZnO, the photoactivity includes the study of the photolysis of different sources of
light of Rhodamine beta. As shown in (Figure 9), the study revealed that under different
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light sources (sunlight, UV, and visible light), the photoactivity of ZnO changed differently
with the increase of calcination temperature from 400 ◦C to 700 ◦C from one type of light
source to another. Under UV light, the photoactivity of ZnO samples showed a significant
decrease with the increase of calcination temperature from (92%) at 400 ◦C to (27%) at
700 ◦C (Figure 9b). The significant decrease is related to the decrease in the area effect ratio
compared to the gap effect (S/E) with the increase in calcination temperature. At 400 ◦C,
the high S/E ratio results in a high surface area with a large availability of active sites,
making ZnO very efficient under UV light due to both the ideal band gap and area. As the
calcination temperature increases to 700 ◦C, the particle size increases as confirmed in XDR
and SEM, which greatly reduces the surface area ratio and results in fewer active sites [36]
for UV-driven photocatalysis, while also narrowing the band gap. The narrowing of the
band gap at high temperatures is not beneficial for UV-driven photocatalysis, in contrast to
visible light [66], where we observe that the low S/E ratios of ZnO-600 and ZnO-700 have
efficiencies similar to those observed at higher ratios at 400 ◦C for visible light activity of
(24%) at 700 ◦C to (16%) at 400 ◦C (Figure 9a), which is explained by the narrowing of the
band gap allowing ZnO nanoparticles to partially utilize visible light for photocatalytic
reactions, facilitated by localized defect states [67], where even minor absorption in the
visible spectrum results in measurable photocatalytic activity [68,69]. However, the overall
efficiency remains low due to the limited area. In contrast, sunlight includes all wavelengths
of UV and visible light [70], allowing both S and E to influence performance simultaneously,
thus mitigating the large decrease in photocatalytic efficiency observed with UV alone. The
moderate decrease in the slope from 91% at 400 ◦C to 61% at 700 ◦C (Figure 9c, Table 4)
indicates a compensatory effect between S and E. The slight narrowing of the band gap at
higher temperatures enhances visible light absorption, resulting in stable sunlight efficiency
despite reduced active sites. In addition to utilizing a wide range of wavelengths provided
by natural sunlight [28], the photocatalytic charging efficiency is significantly improved,
several critical factors also contribute to this phenomenon. One such factor is the presence
of an aerobic environment, where oxygen acts as a redox mediator and an efficient electron
acceptor [71], which resulted in the double performance in sunlight compared to other
sources, where samples were exposed to UV radiation for two hours to achieve similar
results like under sunlight, which was within one hour (the case of the sample calcined at
400 ◦C). The S-to-E ratio (S/E) is a key criterion for evaluating photocatalytic performance,
integrating the effects of surface area and band gap energy.

Table 4. Kinetics parameters for the degradation of RhB dye under UV, visible, and sunlight irradiation.

Samples k (min−1) R2 D (%)

Under visible light

ZnO-400 0.0045 0.909 24
ZnO-500 0.0018 0.933 20
ZnO-600 0.0017 0.965 18
ZnO-700 0.0017 0.844 16

Under sunlight

ZnO-400 0.01492 0.984 91
ZnO-500 0.00964 0.975 78
ZnO-600 0.00781 0.980 73
ZnO-700 0.00218 0.862 61

Under UV light

ZnO-400 0.0231 0.885 92
ZnO-500 0.0331 0.978 70
ZnO-600 0.0245 0.990 63
ZnO-700 0.0153 0.870 27
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Figure 9. Degradation of RhB under visible (a), UV (b), and sunlight (c) irradiation (pH = 6,
S/L = 50 mg/100 mL, C0 = 5 mg/L, time = 60 min).

The following reactions (Equations (5)–(11)) and Figure 10 are suggested for the
photodegradation of RhB by ZnO:

ZnO + hυ→ ZnO (h+
VB + e−CB) (5)
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Figure 10. Degradation mechanism of RhB by ZnO.

The electrons and holes formed during the reaction in Equation (5) migrate to the
surface and can react with H2O and O2 to selectively produce OH• radicals:

h+
VB + H2O→ OH− + H+ (6)

e−CB + O2 → •O2
− (7)

•O2
− + H+ → HO2• (8)

HO2• + HO2• → H2O2 + O2 (9)

e−CB + H2O2 → OH• + OH− (10)

The OH• radicals further react with Rhodamine B:

OH• + RhB→ Degradation products→ CO2 + H2O (11)

3.4. Optimization

The ZnO sample calcined at 400 ◦C was selected for optimization experiments as
it exhibited the best combination of surface area and band gap energy, making it highly
effective for photocatalytic activity. Sunlight was chosen as the light source for these experi-
ments due to its superior performance compared to other sources. Its broad wavelength
spectrum, encompassing both UV and visible light, enhances photocatalytic efficiency, and
its availability as a natural, sustainable energy source makes it an ideal choice.

To further optimize the performance of this sample, additional experiments were
conducted by varying parameters such as catalyst mass, pH, and the concentration of
H2O2. These optimization steps aim to maximize the degradation efficiency of Rhodamine
B under sunlight, ensuring the ZnO photocatalyst performs at its full potential.

3.4.1. Effect of ZnO Amount

The data show a correlation between ZnO amount and RhB degradation efficiency.
Degradation rates increase from 56% (solid-to-liquid ratio (S/L) = 10 mg/100 mL) to
84% (S/L = 50 mg/100 mL), stabilizing at around 85% when the weight reaches 100 mg
in 100 mL of Rhodamine B solution, as shown in (Figure 11a). This observed pattern
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suggests that increasing the mass of ZnO results in a more pronounced enhancement in
photocatalytic degradation, likely attributed to the availability of more active sites for
photocatalytic activity. However, the incremental rise from 50 mg to 100 mg indicates
that the degradation rate has reached a limit value, light penetration limitations, particle
agglomeration, competing reactions, and diffusion limitations [72], indicating that 50 mg
of ZnO is the most effective dosage for achieving the highest level of degrading efficiency.
This result carries practical implications, underscoring the importance of optimizing the
ZnO loading for both cost-effectiveness and efficient removal of pollutants.
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Figure 11. (a) Mass effect of ZnO degradation of RhB (pH = 6, C0 = 5 mg/L), (b) effect of initial con-

centration of RhB on degradation rate (pH = 6, S/L = 50 mg/100 mL), (c) pH Effect for the degradation 

Figure 11. (a) Mass effect of ZnO degradation of RhB (pH = 6, C0 = 5 mg/L), (b) effect of initial
concentration of RhB on degradation rate (pH = 6, S/L = 50 mg/100 mL), (c) pH Effect for the
degradation of RhB by ZnO under sunlight (S/L= 50 mg/100 mL, C0 = 6 mg/L), and (d) H2O2 effect
on the degradation of RhB (pH = 7.4, S/L = 50 mg/100 mL, C0 = 6 mg/L).

3.4.2. Effect of the Rhodamine B Concentration

Figure 11b show the effect of varying the initial concentration of RhB on the pho-
todegradation yield. The data reveal a relationship between the concentration of RhB and
its degradation efficiency by ZnO. As the concentration increases from 1 ppm to 5 ppm and
further to 10 ppm, a significant variation in the degradation yield is observed, decreasing
from 54% to 32% at the maximum concentration (Figure 11b). This would suggest that
higher initial concentrations of RhB caused a reduction in the efficiency of ZnO-mediated
degradation. Upon closer examination of the yield at 1 ppm and 5 ppm, a slight difference
becomes apparent, with yields of 54% and 57%, respectively. Although the yield is similar,
the slightly elevated degradation yield at 5 ppm implies that this concentration would
be somewhat more efficient than 1 ppm under the provided circumstances because, at
5 ppm, RhB molecules provide an optimal balance of reactants, allowing more species for
interaction with ZnO catalysts. Efficiency in photocatalysis depends on reactant availability
and active sites on the catalyst surface. Lower concentrations may lead to underutilization
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of the catalyst capacity; in contrast, higher concentrations of pollutant molecules at higher
densities might result in a light-blocking phenomenon, reducing the entry of light into the
solution and affecting the photocatalytic activity. The marginal disparity in degradation
rates among these concentrations suggests that ZnO may effectively decompose RhB even
at lower concentrations, though a slight increase to 5 ppm seems to enhance the degra-
dation process. This finding emphasizes the importance of precisely adjusting the initial
concentration to achieve the possible results in studies using ZnO-mediated degradation.

3.4.3. pH Effect

The pH in the reaction environment plays a crucial role in determining the degradation
of Rhodamine B through ZnO photocatalysis, because the electrostatic interactions between
ZnO nanoparticles and Rhodamine B molecules are closely linked to their charges, where
the pH of the solution can play a double role in the electrostatic interactions between the
solid and the dye: on the one hand, the charges on the surface of the solid change at the
point of zero charge (pHzpc) and, on the other hand, the dye itself takes on different forms
depending on the pH relative to its pKa [73]. We found pHzpc = 7 for ZnO (Figure S1),
in accordance with the literature [74]. Additionally, we have a positively charged species
RhB+ with, for pH < 3.22 (with =NEt2

+) and a zwitterion RhB± (with =NEt2
+ and COO−)

for pH > 3.22 [72]. At pH values higher than pHzpc, the surface of ZnO tends to acquire a
negative charge, enhancing its ability to attract and bond with Rhodamine B molecules,
which are positively charged. This phenomenon occurs during the adsorption process,
similar to what happens at a lower pH of 7 (Figure 11c). However, it is important to note
that excessively elevated pH levels, reaching pH 10, reduce the photocatalytic effectiveness
of the ZnO surface. Excessive pH conditions might lead to an abundance of hydroxide
ions (OH−) in the system, resulting in an environment with a large negative charge that
can interact with and potentially capture the positively charged holes (h+) [6], causing the
electron–hole couples to become unstable. The literature emphasizes that pH 7 is the ideal
acidity level for achieving an efficient breakdown of RhB [75,76]. Even in this experimental
research, the optimal efficiency of ZnO photocatalysis for degrading RhB is achieved by
the careful balance of surface charges, photocatalytic activity, and reactive oxygen species
(ROS) dynamics at pH = 7. At this specific pH level, the interactions between ZnO and
Rhodamine B are optimized, resulting in a robust adsorption process and concurrently
facilitating the production of OH• radicals.

4. Effect of H2O2 Dose
The interaction of H2O2 with ZnO leads to complex formation, increasing the surface

area of ZnO nanoparticles and offering additional active sites for photocatalytic reactions.
The enhanced surface area, resulting from the complex structure [77], facilitates a greater
likelihood of interactions, leading to effective photocatalysis. The process requires an
optimal concentration of H2O2 (Figure 11), as evidenced by studies indicating that 100 µL
of H2O2 markedly improves photocatalytic activity in the degradation of Rhodamine B
(RhB). Higher concentrations, specifically 300 µL and 500 µL, do not lead to a propor-
tional increase in reactive oxygen species (ROS) generation, suggesting the existence of a
saturation point where competition for active sites restricts further advantages [6]. This
equilibrium indicates an optimal balance that enhances the efficiency of ROS generation
while preventing excess H2O2 from hindering the reaction.

The generation of hydroxyl radicals (·OH) from H2O2 is fundamental to this enhanced
degradation process and can be expressed by the reaction:

H2O2 + hν→ 2 ·OH
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In this context, hv denotes photons possessing adequate energy to activate the ZnO
photocatalyst, thereby commencing the reaction. When exposed to UV or sunlight, ZnO
absorbs photons with energy at or above its band gap, resulting in the excitation of electrons
(e−) from the valence band to the conduction band, thereby generating holes (h+):

ZnO + hν→ e−CB + h+VB

The conduction band electrons interact with H2O2 to produce hydroxyl radicals:

H2O2 + e−CB→ ·OH + OH−

Simultaneously, the valence band holes oxidize water (H2O) or hydroxide ions (OH−)
to generate additional hydroxyl radicals [78]:

H2O + h+VB→ ·OH + H+

OH− + h+VB→ ·OH

These hydroxyl radicals are highly reactive and attack the chromophore structure of
RhB, initiating its breakdown into intermediate products, which are further degraded into
CO2 and H2O:

·OH + RhB→ Intermediates→ CO2 + H2O

The combined mechanism elucidates the high efficiency noted in the H2O2 + ZnO
system, resulting in complete degradation within 25 min of sunlight exposure.

5. Scavenger Effect
This part of our work examines the impact of scavenger species, namely methanol and

benzoquinone, on the effectiveness of ZnO photocatalysis in breaking down RhB (Figure 9).
This study seeks to clarify the precise processes involved in pollutant degradation and
provide insights for enhancing photocatalytic systems for environmental remediation appli-
cations by understanding the influence of these scavengers on the photocatalytic process.

The exceptional efficacy of ZnO photocatalysis in breaking down RhB under the stated
circumstances is highlighted by the total destruction of the compound in the absence of
scavengers. Nevertheless, the recorded decrease of 30% in degradation when methanol
is present indicates that methanol behaves as an electron scavenger, hence exerting a
detrimental influence on the photocatalytic process by constraining the accessibility of
electrons. Furthermore, it is well recognized that methanol effectively scavenges •OH
radicals, whereas benzoquinone effectively scavenges O2

•− [79]. The histogram presented
in Figure 12 indicates that the •OH radicals demonstrate the highest level of significance.
The incorporation of benzoquinone results in a slightly increased degradation rate of 55%,
indicating that, although it acts as a scavenger, its effect is relatively less significant than that
of methanol. Benzoquinone selectively eliminates or accumulates holes, thereby promoting
segregation between electrons and holes, which ultimately leads to the generation of
reactive oxygen species (ROS) [80].

In order to evaluate the degradation efficiency of the ZnO synthesized in this study,
we compared it to that of ZnO reported in the literature. Table 5 provides a comparison of
the key findings from our study with those reported in the literature.
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Figure 12. Scavenger effect on photodegradation of RhB by ZnO under sunlight, pH = 6,
S/L = 50 mg/100 mL, C0 = 3 mg/L and [Scavenger] = 1 × 10−5 M.

Table 5. Comparison of different studies on the degradation of Rhodamine B by ZnO prepared with
different methods.

Preparation Method Focus Light Sourse Condition of
Photocatalysis D (%) Reference

green
synthesis

m
ethod

using
A
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nervosa

leaf
calcined

at500
◦C

,4
h

The focus is on the biosynthesis of
ZnO nanoparticles using Argyreia

nervosa leaf extract and their
photocatalytic efficiency in

removing Rhodamine B dye

visible
(100

W
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pH = 11

S/L = 1.4 g/L

48%
in

180
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[78]

sol–gelsynthesis
technique

calcined
from
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to
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◦C

The study focuses on the effect of
calcination temperature on the
UV light-driven photocatalytic

degradation of Rhodamine B by
ZnO nanoparticles

U
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pH: 7

S/L = 2 g/L
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The focus of the study is on the
effect of calcination temperature
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w
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Table 5. Cont.

Preparation Method Focus Light Sourse Condition of
Photocatalysis D (%) Reference

G
reen

synthesis
using

the
leaf

extract
of

C
yanom

etraram
iflora

ZnO nanoparticles synthesized
using the leaf extract of
Cyanometra ramiflora
demonstrated effective

photocatalytic degradation of
Rhodamine B dye under sunlight,

showcasing their potential for
eco-friendly and sustainable

dye remediation

sun
light

C0: 10 ppm
S/L = 20 mg in 100

mL of solution

98%
in

200
m

in

[81]

hydrotherm
alm

ethod

This study highlights a simple
hydrothermal method to

synthesize ZnO microcrystals
with high photocatalytic

efficiency and easy recovery,
optimized for sustainable

industrial applications under uv

U
V

(15
w
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C0:10 ppm
S/L: 1 g/L

97%
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[82]

Precipitation
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to
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Our study demonstrates the
optimized photocatalytic

performance of ZnO under UV,
visible, and solar light by

introducing the S/E metric and
leveraging controlled

precipitation and calcination;
optimization of the samples

calcined at 400 ◦C under sun light

sun
light

uv
light

visible
light

C0: 5 ppm
sun light

S/L: 0.5 g/L

92% in 60
min This study

6. Conclusions
Renewable natural sunlight is a more effective and ecologically sustainable energy

source for photocharging applications compared to standard artificial light sources such
as visible and UV light. Our results are based on a thorough investigation highlighting
the higher photocatalytic performance of zinc oxide (ZnO) nanoparticles under natural
sunlight conditions; this stresses the benefits of using solar energy and showcases the
impressive capability of ZnO to use various sunshine wavelengths. The work improves the
capability for removing pollutants and creates a more realistic testing setting for measuring
photocatalytic effectiveness by using natural sunshine conditions. The study provides
interesting information on the ideal circumstances for ZnO nanoparticle efficiency. Zinc
oxide samples heated to 400 ◦C provide the best results. This temperature enhances crystal
formation, improves surface area, and promotes the effective creation and usage of electron–
hole pairs under light, while it is important to recognize that higher temperatures result in
decreasing reactivity, emphasizing the intricate relationship among calcination temperature,
surface properties, and photocatalytic effectiveness in ZnO nanoparticles. Where the study
found peak decomposition efficiency correlates with the highest surface area to gap energy
ratio, emphasizing surface optimization’s importance

For applications that rely on UV or sunlight, maintaining a high S/E ratio is critical.
Low calcination temperatures can preserve surface area and active sites, thereby maxi-
mizing photocatalytic efficiency. Conversely, visible light applications are enhanced by
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methods that lower the band gap energy, including doping or the formation of hybrid
structures. These methods improve performance despite a reduced S/E effect, facilitating
the creation of specialized ZnO materials designed for photonic applications.

Comprehending and enhancing these elements are crucial for creating very effective
photocatalytic devices for practical use in environmental cleanup and sustainable energy
generation. In addition, in this work, the effect of hydrogen peroxide (H2O2) on the degra-
dation of RhB was studied. It was shown that H2O2 was a very good oxidant for improving
the degradation of RhB under sunlight. ZnO has great promise for tackling environmen-
tal issues and promoting green technology by using the plentiful and clean energy from
sunshine. Continuing study in this area might result in the creation of more effective
and expandable photocatalytic devices, which would help create a more sustainable and
environmentally friendly future.

Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/w17010032/s1. Table S1: Effect of H2O2 addition on the kinetic
parameters for the degradation of RhB dye under sunlight. Table S2: Effect of solution pH on
the kinetic parameters for the degradation of RhB dye under sun light. Figure S1: PZC of ZnO
Nanoparticles Determined by pH Titration.
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Abstract: Pyrolysis is gaining recognition as a sustainable solution for biosolid management, though
scaling it commercially presents challenges. To address this, RMIT developed a novel integrated
pyrolysis and gasification technology called PYROCO™, which was successfully tested in pilot-scale
trials. This study introduces PYROCO™ and its application to produce biochar, highlighting the
biochar properties of the results of the initial trials. In addition, an energy analysis using semi-
empirical Aspen Plus modelling, paired with a preliminary techno-economic assessment, was carried
out to evaluate the feasibility of this technology. The results show that the PYROCO™ pilot plant
produced biochar with a ~30 wt% yield, featuring beneficial agronomic properties such as high
organic carbon (210–220 g/kg) and nutrient contents (total P: 36–42 g/kg and total N: 16–18 g/kg).
The system also effectively removed contaminants such as PFASs, PAHs, pharmaceuticals, and
microplastics from the biochar and scrubber water and stack gas emissions. An energy analysis and
Aspen Plus modelling showed that a commercial-scale PYROCO™ plant could operate energy self-
sufficiently with biosolids containing >30% solids and with a minimum calorific value of 11 MJ/kg.
The process generates excess energy for drying biosolids and for electricity generation. Profitability is
sensitive to biochar price; prices rise from AUD 300 to AUD 1000 per tonne, the NPV improves from
AUD 0.24 million to AUD 4.31 million, and the payback period shortens from 26 to 12 years. The low
NPV and high payback period reflect the use of a relatively high discount rate of 8%, chosen to be on
the conservative side given the novel nature of the technology.

Keywords: biochar; pilot scale; sewage sludge; techno-economic feasibility; energy analysis

1. Introduction

Biosolids are stabilised sewage sludge derived from wastewater treatment and contain
valuable macro- and micro-nutrients and organic carbon [1]. Globally, about 40–70% of
biosolids are applied to agricultural land [2]; in particular, ~80% of biosolids produced in
2023 (372 kT of dry solids) in Australia were beneficiated to agricultural soils [1]. How-
ever, the presence of contaminants, such as per- and polyfluoroalkyl substances (PFAS),
microplastics, heavy metals, pharmaceuticals, and pesticides, are causing significant chal-
lenges for the land application of biosolids [2,3]. Thermal techniques, such as pyrolysis
and gasification, have gained significant interest in transforming biosolids to biochar and
bioenergy in the last few years while safely removing PFAS and other contaminants [4–10].
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The pyrolysis of biosolids has gathered significant attention over the past decade;
however, most studies that focus on the pyrolysis of biosolids are lab-scale experiments
primarily aimed at identifying the effects of operating conditions, such as temperature,
heating rate, and residence times, on the pyrolysis of biosolids [4,11–13]. Existing works
have also investigated the product yields and product compositions of the pyrolysis of
biosolids and the properties of biochar through ultimate and proximate analyses, sur-
face areas, and heavy metal concentrations [4,7,11–14]. Additionally, the suitability of
biosolid-derived biochar for various agricultural and non-agricultural applications has
been extensively studied [15–17]. For example, Figueiredo et al. demonstrated that the
biochar of biosolids enhances organic, inorganic, and available phosphorus fractions in
soil applications [18]. Similarly, Nicomel et al. showed that the biochar of biosolids effec-
tively removes copper from citric acid-rich aqueous media, highlighting its potential as an
adsorbent in non-agricultural contexts [19].

The findings from lab-scale studies are crucial for the determination of optimum
process conditions, intrinsic kinetics, product distribution, and properties. Lab-scale studies
provide limited information about the techno-economic and environmental feasibility of the
pyrolysis of biosolids. Large-scale experiments such as pilot- or semi-pilot-scale studies are
essential to evaluate the practical feasibility of the pyrolysis of biosolids on a commercial
scale, including the performance of pyrolysis reactors, energy requirements, maintenance
needs, the control of emissions, and heat transfer dynamics [20,21].

However, only a few studies have reported the semi-pilot- and pilot plant-scale pyroly-
sis of biosolids [22–25]. Some pilot and semi-pilot studies have focused on the contaminant
reduction potential of their technologies during the pyrolysis of biosolids [22,23]. For ex-
ample, Thoma et al. reported that their auger-based pyrolysis system achieved removal
efficiencies for 41 targeted PFAS compounds ranging from >81.3% to >99.9%, with an
average efficiency of over 97.4% [22]. Most pilot-scale pyrolysis studies have utilised auger-
type reactors [24–26]. Auger reactors, which use a rotating screw to transport feedstock,
are effective in radial mixing but lack any axial mixing [27]. This may lead to uneven
heat exposure and inconsistent pyrolysis reactions, resulting in variability in product qual-
ity [27]. Furthermore, heat transfer in auger reactors primarily occurs through the reactor
walls, which can be inefficient, particularly in larger reactors [27]. The outer layers of
feed materials may heat up, while the material closer to the centre of the screw remains
cooler due to a non-uniform temperature distribution in the reactor. Additionally, the
mechanical parts of auger reactors, especially the screw, are subject to wear and tear and
require additional mechanical energy. Liu et al. [24] and Sarvi et al. [24,25] have also noted
that further modifications are necessary to improve mixing and heat transfer in auger
pyrolysis reactors [24,25]. Given these challenges, assessing the feasibility of other types of
reactors that offer improved heat transfer and the ability to produce homogeneous products
in large-scale pyrolysis units is crucial. This exploration is essential to advance the practical
application of the pyrolysis of biosolids at a commercial scale.

The current paper focuses on a fluidised-bed pyrolysis reactor. Fluid-bed heat ex-
changers mix well due to bed fluidisation, which can produce a more homogenous product.
Fluidisation also increases heat transfer and avoids hot and cold spots [28]. Fluid-bed
reactors are easy to scale up and can be operated in batch and continuous mode [28].
Another advantage of fluid reactors is that they do not have any moving parts, reducing
maintenance and mechanical energy requirements [28]. Conventional fluid-bed reactors
also have several drawbacks, such as the requirement of feedstock sizing, the generation of
fines, and the requirement of a high flow rate of inert fluidisation gas [29]. Inert fluidisation
gas, such as nitrogen, is expensive and increase operating costs. In addition, fluidisation
gas increases the overall volume of flue gas to be treated and dilutes the energy content of
the outlet gas stream from the reactor [29].

The novel fluidised-bed pyrolysis technology PYROCO™, developed and patented by
RMIT University, Australia, modifies the conventional fluid-bed reactor to overcome or
minimise these limitations. Therefore, compared to existing large-scale pyrolysis reactors,
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PYROCO™ offers several benefits such as (1) uniform temperature inside the reactor,
hence ensuring consistent product quality; (2) no moving parts for mixing, hence reducing
maintenance costs; (3) improved heat and mass transfer, hence reducing the reactor volume
and, therefore, the capital and operating costs; and (4) flexibility to produce more bioenergy
versus biochar, hence helping to achieve thermal energy neutrality without the need for
any external thermal energy for the process. The pilot plant processed 1 ton of biosolids
per day (50% of total solids).

The current study presents the results from the PYROCO™ pilot plant trials, which
characterised the produced biochar, air emissions, and scrubber water. A semi-empirical
process model was developed using the Aspen Plus (v12.1) software to simulate the
PYROCO™ process for processing 10 tonnes/day of wet biosolids, providing detailed mass
and energy balance data. The developed process model was validated using data from
the pilot trial. Then, the data from the model was used in techno-economic and sensitivity
analyses to explore the economic feasibility of the PYROCO™ process under different
operational conditions.

2. Materials and Methods
2.1. PYROCO™ Pilot Plant Trials
2.1.1. Sample and Preparation of Biosolids

The biosolids used in this study were collected from Mount Martha Water Recycling
Plant (38◦16′06′′ S, 145◦03′31′′ E), South East Water Corporation, Victoria, Australia. This
plant primarily processes domestic and trade sewage using an activated sludge process
followed by anaerobic digestion. After digestion, solids are dewatered with a centrifuge
and are dried in a solar drying facility before stockpiling. The biosolid samples were
collected from the solar dryer shed, ground with a pin mill, and then sieved to <1 mm
particle sizes using a vibrating screen. Images of the pin mill and vibrating screen are
shown in Figure S1. The proximate and ultimate properties of the biosolid samples are
provided in Table 1.

Table 1. Properties of biosolid samples.

Proximate Analysis (wt%) c Ultimate Analysis (wt%) c

Moisture a Volatiles Ash Fixed
Carbon C H N S O b

11.0 60.6 29.0 10.4 38.3 4.7 6.02 0.96 21.02

Notes: a value on as-received basis, b obtained by difference, c value on dry weight basis.

2.1.2. Description of the Pilot Plant and Experimental Matrix

A schematic of the PYROCO™ pilot plant is shown in Figure 1. It comprises a gas
producer (fluidised-bed gasifier), a PYROCO™ reactor (fluidised-bed pyrolysis integrated
with a combustor and heat exchanger), a venturi scrubber, a water tank, an activated
carbon bed, and a stack. At the current scale, the drying and sieving unit operations
are not yet integrated with the plant. Therefore, feed preparation (drying and sizing)
operations were performed separately in batch mode, while the rest of the thermal plant
operates in continuous mode. Dried and sieved biosolids can be fed into both the gas
producer (GP) and the PYROCO™ pyrolysis zone. During the pilot trial, the feed rate of
the biosolids, with an 85% total solid content, ranged from 12 to 16 kg/h. The GP generates
oxygen-free producer gas, which is then used as the fluidising gas for pyrolysis in the
PYROCO™ reactor. The oil and gas vapours from the pyrolysis unit and the producer gas
are channelled from the pyrolysis zone to the adjacent combustor, where combustion occurs
with the help of tangentially introduced air. The combustion of these vapours generates
thermal energy, which is transferred to the pyrolysis zone through heat-exchanger tubes.
The flue gas leaving the combustor is scrubbed in a venturi scrubber.
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Figure 1. Process flow diagram of the PYROCO™ pilot plant.

The PYROCO™ reactor, as a fluidised-bed system, offers a more uniform temperature
distribution and better mixing, leading to a more homogenous biochar product. Gases
generated during gasification in the GP are used for fluidisation in the PYROCO™ reactor,
enhancing process efficiency. The PYROCO™ reactor features two concentric chambers—
pyrolysis occurs in the inner chamber, while combustion of pyrolysis gases in the outer
chamber provides the necessary heat for pyrolysis. The inner chamber also contains internal
heat-exchanger tubes, where combusted flue gases circulate, further improving heat transfer.
The design is also advantageous because it contains no moving parts, resulting in lower
capital and maintenance costs and higher plant availability.

The venturi scrubber serves multiple purposes, such as removing particulate matter
(fines carried over from the pyrolyser), quenching the flue gas to lower temperatures (flue
gas enters at >700 ◦C), and generating low-temperature water vapour. It also captures
emissions, such as NOx, SOx, Hg, and other impurities. In a full-scale PYROCO™ plant,
the venturi scrubber would mainly focus on capturing gas emissions, capturing fines, and
heat recovery, aided by a cyclone and heat exchanger before the scrubber. The treated
flue gas then passes through an activated carbon bed filter before being released into the
exhaust. Water is continuously circulated to the venturi scrubber via a pump from a water
tank. Caustic soda or hydrogen peroxide can be added to the water tank to capture SOx
and NOx effectively.

During current pilot plant trials, GP operated at 800 ◦C, the PYROCO™ pyrolysis
reactor operated between 600 and 700 ◦C, and the PYROCO™ combustion reactor operated
at 900 ◦C. The experimental matrix for the pilot plant trials is included in Table 2. The
pilot plant operated for 118 h (including startup) in two daily shifts. It was kept under a
nitrogen/inert environment overnight without heating during the shutdown period. On
one occasion, it was operated continuously for 36 h.

Table 2. Experimental matrix for the pilot plant trials.

Equipment Temperature (◦C) Reaction Environment Biosolids (kg/h) LPG (kg/h)

PYROCO® 600 and 700 Producer gas 12–16 -
Gas producer 800 Partial air - 0.9

Composite scrubber water sampling was performed, and biochar samples were stored
in sealed containers for further analysis, while the scrubber water samples were sent to
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ALS Laboratories, Australia. The scrubber water was stored in two IBC tanks for future
disposal at a wastewater treatment plant. Neutralisation will be performed if required.

The biochar produced during the trial was characterised by surface imaging using a
scanning electron microscope (SEM) of the FEI Quanta 200 model (FEI, Hillsboro, OR, USA)
and a Brunauer–Emmett–Teller (BET) analyser (Micromeritics 2000/2400, Micrometrics,
Norcross, GA, USA). Analyses related to electrical conductivity (EC), pH, total solids, total
organic carbon, nutrients, heavy metals, and targeted PFAS were performed externally
(by ALS Environmental Science, Melbourne, Australia), according to the methods APHA
2510B, APHA 4500 H+ -B, APHA 2540B, VIC EPA 1981, 1.139, USEPA 6010 ICP/AES, and
EP231X, respectively. Microplastics analyses were carried out by Eurofins Environment
Testing Australia Pty Ltd., Melbourne, Australia using LTM-MPS-9050 MPs in Soils Testing
method. Pharmaceuticals, PAHs, endocrine-disrupting chemicals, and siloxanes analyses
were performed at Leeder Analytical, Melbourne Australia. Scrubber water analyses for
PFAS, polycyclic aromatic hydrocarbons (PAHs), heavy metals, and halides were analysed
by ALS Environmental Sciences, Melbourne, Australia according to methods EP231X, EG
093F, and USEPA 8270, respectively. All laboratories are accredited by NATA (National
Association of Testing Authorities, Australia).

The real-time temperature, pressure, and stack gas emissions (CO, CO2, O2, NOx,
and SOx) were recorded using a data logger and RMIT’s NDIR-type online gas analyser.
Ektimo, a NATA-accredited lab, was engaged to conduct comprehensive stack gas-emission
testing, covering pollutants such as COx, SOx, NOx, hydrocarbons, VOCs, HCl, HF, dioxins,
and furans.

2.2. Aspen Plus Modelling

This study developed a comprehensive semi-empirical process model using Aspen
Plus to simulate a full-scale PYROCO™ plant and to assess technical feasibility regarding
operational adaptability and energy self-sufficiency. The chemical compositions of biosolids
and biochar, derived from the pilot plant trial data and literature data, were used as input
for the simulation.

2.2.1. Process Flow Diagram of the Proposed Fully Integrated PYROCO™ Plant

For process modelling, a fully integrated PYROCO™ process for the pyrolysis of biosolids,
including front-end and back-end unit operations, was considered, as shown in Figure 2.
Alongside the gas producer and PYROCO™ reactor, the full-scale integrated unit includes a
feed pretreatment unit for drying and sizing biosolids. As in the pilot plant trials, dried and
sieved biosolids are divided into two fractions, one fed into the PYROCO™ reactor and the
other into the GP. The ratio between the GP and PYROCO™ reactors (GP:PYROCO) can be
adjusted depending on the feedstock characteristics (total solids and calorific value) or by
prioritising a higher biochar yield against greater surplus energy.

The GP operates in auto-thermal mode at a 0.3 ER (equivalence ratio) for the gasifi-
cation of biosolids. In the full-scale PYROCO™ process, volatile compounds generated
during pyrolysis are only partially combusted in the PYROCO™ reactor’s combustion
chamber, providing the necessary energy for pyrolysis. The resulting flue gas is fully
combusted in a thermal oxidiser to eliminate contaminants per regulatory mandates. This
is achieved by maintaining 12 vol% of O2 in the flue gas exiting the thermal oxidiser, which
operates at 900 ◦C with a minimum flue gas residence time of 2 s.

The flue gas then passes through a thermal energy recovery unit, which includes heat
exchangers, boilers, or hot water generators. The recovered energy is primarily used to dry
the incoming wet biosolids. Any surplus energy after drying the biosolids is assumed to be
used in electricity generation. After the thermal energy recovery unit, the flue gas enters a
flue gas cleaning system consisting of a wet venturi scrubber for quenching, SOx and NOx
removal, and a unit for particulate-matter removal.
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2.2.2. Aspen Flowsheet Development

The process modelling was carried out using the Aspen Plus (V.12) software. The
developed process flowsheet from the Aspen Plus modelling is shown in Figure 3. The
simulation used FSplit, RGibbs, Heater, HeatX, Compressor, Flash2, and Tank blocks to
model the proposed process. The process simulator does not have a built-in model for
pyrolysis or gasification. However, it does have several built-in block models that can
be used collectively to model pyrolysis and gasification processes. As pyrolysis involves
complicated multiphase reactions, biosolids and biochar are not standard components
and do not have fixed molecular structures. A non-stoichiometric approach is used to
model pyrolysis. Therefore, RYield and RGibbs reactors were used to model pyrolysis. The
first RYield reactor transforms the feed material into its constituting elements, including
carbon, hydrogen, oxygen, nitrogen, sulphur, and biochar, based on the ultimate analysis
of biosolids and biochar and the mass yield of pyrolysis of biosolids. The second RYield
reactor transforms elements from the first RYield reactor into oil and gas components based
on lab-scale experimental data from our previous studies. The RGibbs reactor operates at
700 ◦C and calculates the composition of non-condensable and condensable vapours in
the resulting stream based on minimising the Gibbs energy for the system. A gasification
reaction occurring in the GP operating at 800 ◦C was also modelled with an RYield and an
RGibbs reactor.

In this work, three classes of components were used, namely, conventional compo-
nents, non-conventional components, and solids. In this simulation, HCOALGEN and
DCOALIGT require the proximate, ultimate, and sulphur compositions to calculate the
enthalpy and density of the non-conventional components used. Based on the literature,
UNIQUAC was chosen as the physical property method to calculate the thermodynamic
properties [30]. This property method applies the UNIQUAC activity coefficient method
in the liquid phase, and for the vapour phase, it applies the ideal-gas fugacity coefficient
method. The basic assumptions applied in the Aspen simulation are listed below.

1. The biosolids were homogeneous, and the chemical composition was uniform through-
out the material.

2. The input data, including heat capacity, enthalpy, and entropy, represented the ther-
modynamic properties of the biosolids.

3. The pyrolysis reactions followed thermodynamic (equilibrium) rate conversions based
on experimental data, and the reaction rate was not defined in the pyrolysis reactor.
However, it is assumed that close-to-equilibrium conversion values would be obtained
due to high-temperature reactions.
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4. The pyrolysis process operated under steady-state conditions; the operating parameters,
such as temperature, pressure, and feed rate, were constant throughout the reactor.
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2.2.3. Model Validation

The Aspen Plus model developed in the current study contained two main reactor
units: the PYROCO™ reactor and gas GP. To validate this model, a comparison was made
between the simulated data and the gas profiles collected from the pilot plant trials at the
GP and PYROCO™ reactor exits. This comparison aimed to ensure that the simulated
gas profiles accurately reflect the results of the pilot plant trial, thereby confirming the
reliability and predictive capabilities of the Aspen Plus model.

2.2.4. Energy Analysis

An energy analysis of the process was performed in this research to study the influence
of the feedstock flowrate ratio between the GP and PYROCO™ reactors (GP:PYROCO) and
the biosolids’ calorific value and solid content on the amount of energy generated/required
(kW) by the pyrolysis process. This analysis used three different biosolid feedstocks with
different heating values. The proximate and ultimate analysis, heating value, and biochar
yield of these biosolids are included in the supplementary data in Table S1. The biochar
yield in different types of biosolids was calculated from correlations developed by Li
et al. [31]. GP:PYROCO ratios of 0.2, 0.4, 0.6, and 0.8 and biosolids with a 30%, 40%, and
50% solid content were employed in the energy analysis.

2.3. Economic Analysis

A high-level techno-economic analysis was conducted for a fully integrated PYROCO™
plant designed to process 10 tonnes of wet feedstock per day. The objective was to evaluate
the techno-commercial feasibility using economic indicators such as the Net Present Value
(NPV) and payback period for biosolid processing. In the methodology for this analysis,
the pilot plant trial data were used to develop an Aspen Plus simulation for the PYROCO™
plant. This simulation facilitated accurate material and energy balance calculations, which
were critical for estimating the capital and operating costs of the plant. Subsequently, a
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discounted cash flow (DCF) analysis was performed to provide a preliminary economic
assessment based on financial assumptions. The NPV was calculated to determine the
economic viability of the plant.

2.3.1. Capital Cost Estimation

In order to estimate the capital cost, two main factors were taken into account: (i) the
base cost year and (ii) the capacity of the equipment. The capital cost estimates were
derived using the CAPCOST software version 2017, vendor quotes, and the NREL report
published in 1996 [32]. Therefore, these costs were several years old and were updated to
the targeted year. The magazine Chemical Engineering regularly publishes the Chemical
Engineering Plant Cost Index (CEPCI) to help estimate capital costs [33]. The equation
below was used for predicting the current price of the equipment:

Cost in 2023 $ = Cost in base year ×
(

2023 index : 790.8
base year index

)
(1)

The CEPCI values were either published in the literature or were calculated using
previous years’ data [32].

As mentioned above, the other factor is equipment capacity, meaning that the cost of
the instrument should be scaled based on its capacity using the following equations.

Scaled cos t = Cost of original scale× (Scaled capacity/Original capacity)n (2)

The scaling exponent, n, is normally between 0.6 and 0.8 and depends on the type
of equipment [34]. The above equation can calculate the scaled cost in the targeted year.
Accordingly, the scaled installed equipment costs were calculated, as shown in Table S2.
These costs include installation, covering piping, instrumentation, and control. The sum
of the installed costs for all pieces of equipment and the cost for the balance of the plant
(known as the additional components required to deliver energy) are defined as the Total
Installed Cost (TIC). When established, capital costs are of two types—direct and indirect.
The Total Direct Cost (TDC) includes the TIC and costs for the land and building, instrument
and control (10% of the TIC), as well as additional piping (15% of the TIC), electrical systems
(10% of the TIC), and site preparation (3.5% of the TIC) [35]. The land is expected to be
provided by the plant at no cost. Indirect costs are also imposed on the plant in explicit ways,
including engineering and supervision expenses (5% of TDC), legal expenses (1% of the
TDC), contractors’ fees (10% of the TDC), and project contingency (5% of the TDC). Fixed
Capital Investment (FCI) is the sum of the total direct and indirect costs [34]. The working
capital is assumed to be 15% of the FCI, as mentioned in the Nth-plant assumptions [34].
Ultimately, if we sum the FCI and working capital (plus the land), this gives the total capital
investment (TCI), as detailed in Table S2.

Additionally, this study calculated the required processing cost of biosolids per kilo-
gram in the PYROCO process using the following equation.

Cost per tonne of biosolids processing in PYROCO
(

$
tonne

)
=

CAPEX + OPEX per annum
Biosolids processed per annum

2.3.2. Estimation of Operating Costs

Apart from the capital investment paid to establish the plant, operating costs also play
a role in the analysis of process economics. The operating costs considered in this analysis
include labour, material procurement, utilities (electricity and LPG), and maintenance. The
costs for traditional biosolids management (transport and landfilling) were considered
cost-saving. It is important to note that these estimates are based on specific assumptions
(detailed in Table S3) and are intended for benchmarking. A more granular financial assess-
ment with detailed cost and process information from technology providers will be possible.
The analysis also does not include other site costs, including complete process automation,
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material-storage costs, substation capital, grid connection costs, and project management
and consultancy costs. Material-handling and drying costs might be underestimated, as
biosolids may require more appropriate dust- and odour-management equipment and
controls [36]. The main revenue from the plant is from biochar and electricity sales.

2.3.3. Calculations of Net Present Value (NPV), Payback Period, and Benefit-to-Cost
Ratio (BCR)

NPV represents the difference between the present value of cash inflows and outflows,
helping assess whether a project generates more value than its cost. The payback period is
the time it takes for an investment to recover its initial cost through generated cash flows,
indicating how quickly a project becomes profitable. The NPV and payback period were
calculated for the above assumptions in Table S3 using the formulas below [34].

NPV =
T

∑
n=1

CFn

(1 + i)n − I0

Payback period = (Total CAPEX)/(Average annual cash flow)

CFn: cash flow generated in year n
I0: total capital investment in year 0
T: project lifetime
i: discount rate
The cash flow generated in year n, CFn, can be estimated using the following formula:

CFn = (1− t)× (R− E) + t×D

where R is the revenue, E is the expenditure, t is the tax rate, and D is depreciation. D is
calculated using a straight-line method.

BCR compares the present value of benefits to the present value of costs, and a BCR
greater than 1 indicates that the project’s benefits exceed the costs, making it economically
viable. It was calculated using the formula below.

BCR =
Present Value of Capital and Operating Costs

∑T
n=1

CFn
(1+i)n

3. Results and Discussion
3.1. PYROCO™ Pilot Plant Trials
3.1.1. Mass and Energy Balance

The mass and energy balance data from the pilot trials are depicted in Table 3. It was
observed that the PYROCO™ reactor predominantly utilised the heat generated by the
combustion of volatile gases from the gas producer and the combustion chamber. The
external energy input was minimal, with only 8% of PYROCO®’s total energy requirement
being supplied by LPG. This LPG input was primarily necessary to meet the pilot burner’s
minimum operational requirements. It is anticipated that in a commercial-scale PYROCO™
plant, the percentage of energy supplied by LPG would decrease even further. Additionally,
the pilot trials estimated about 15% heat losses during stable operations, which is relatively
high and likely attributable to the smaller scale of the operation.
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Table 3. Mass and energy balance of PYROCO™ trial.

Details
Mass Flow Rate (kg/h) Energy (MJ/h) on a Dry Basis

In Out In Loss/Consumed Out

Biosolids 12 175
LPG in gas producer 0.9 42
LPG in PYROCO™ pilot burner 0.1 5
Biochar from PYROCO® 3.2 32
Secondary air in PYROCO® 5.7
Air in gas producer 14.3
Air in PYROCO® 104.6
PYROCO® 62
Heat loss 33
Exhaust 134.4 95
Total 137.6 137.6 222 95 127
Difference 0 0

3.1.2. Estimation of Biochar Yield

During the pilot plant trials, a total of 830 kg of biosolids was processed, leading to
the production of approximately 250 kg of biochar. This corresponds to a biochar yield
of around 30 wt%. Consequently, the PYROCO™ process achieved a significant volume
reduction of ~70% (on a dry basis) in biosolids. Compared with the yield data from our
lab-scale experiments reported by Patel et al. (2019), a 38 wt% biochar yield was obtained
at 700 ◦C; thus, about a 25% difference in yield was noticeable [37]. This discrepancy can
be attributed to an increased generation of fines due to the top-feeding arrangement and
the varying operating parameters between lab-scale and pilot trials. Lab-scale experiments
usually offer more controlled conditions, while temperature and fluidising gas flow rates
fluctuate more during pilot trials, impacting the overall yield. Despite these differences, the
pilot-scale results demonstrate that a reasonable biochar product can be produced using the
PYROCO™ process. Furthermore, optimising the pretreatment of biosolids by introducing
a granulating or pelletising step to reduce the generation of fines and fine-tuning the
operating parameters can lead to even better biochar yields in future trials [38,39].

3.1.3. Properties of Biochar
Physicochemical and Surface Properties

The pH, electrical conductivity (EC), volatile solids, and organic carbon content of
biochar are important chemical properties routinely measured to evaluate biochar for soil
applications [40,41]. The biochar produced through the PYROCO™ process exhibited
favourable agronomic characteristics, including a higher pH value, lower electrical con-
ductivity (EC), lower volatile solids, and a high organic carbon content, as detailed in
Table 4.

Table 4. Properties of biosolids and biochar.

Parameters Units Biosolids Biochar (600 ◦C) Biochar (700 ◦C)

Electrical conductivity (EC) uS/cm 6700 1100 1000
pH Units 7.3 11.7 11.6
Total solids % w/wet 81 100 100
Volatile total solids % 64 20 20
Total organic carbon mg/kg 240,000 220,000 210,000
C:N ratio 5.4 12.2 13.1
BET-specific surface area m2/g 2.3 11.7 25.1
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The biochar’s pH was higher than that of the biosolids, as acidic functional groups
were removed during pyrolysis, and alkali and alkaline earth-element salts became con-
centrated. This elevated pH can be advantageous for improving acidic soils due to its
acid-neutralising capacity when biochar is applied to agricultural land [42]. Electrical
conductivity is a standard soil salinity test that measures the concentration and nature
of salts in a solution [40]. Understanding the amount of soluble salts in biochar is cru-
cial, because excessive biochar applications may negatively affect salt-sensitive plants [40].
Compared to biosolids, the EC of the biochar reduced by approximately six-fold, indicating
that the pyrolysis process effectively lowered the concentration of soluble inorganic salt.
Furthermore, the biochar samples demonstrated a reduction of approximately 65–70% in
volatile content compared to the biosolids. This reduced volatile content indicates greater
stability, eliminates off-gassing and unpleasant odours, and offers potential nutritional
benefits due to stable volatile matter that can enhance soil fertility [36,40].

While the total organic carbon content in the biochar was slightly reduced compared
to that of the biosolids (8.3% and 12.5% reduction at 600 ◦C and 700 ◦C, respectively), the
carbon-to-nitrogen (C/N) ratio was about twice as high (5.4 in biosolids vs 12.2-13.1 in
biochar). This increase resulted from nitrogen reduction during the PYROCO™ reactor’s
pyrolysis process. This higher C/N ratio improves the biochar stability and carbon seques-
tration potential, making it suitable for long-term soil amendment [41]. However, the lower
nitrogen content means that the biochar may need to be supplemented with nitrogen-rich
fertilisers to supply adequate nutrients for plants.

The surface characteristics of the biochar produced through the PYROCO™ process at
600 ◦C and 700 ◦C were analysed by measuring the Brunauer–Emmett–Teller (BET) surface
area, and the results are presented in Table 4. The surface area of the biochar increased
significantly when compared to raw biosolids, from 2.3 m2/g to 11.7 m2/g at 600 ◦C and
25.1 m2/g at 700 ◦C. This increase is attributed to the devolatilisation intensity at high
temperatures, which creates a more porous structure within the biochar [42,43]. A higher
surface area is crucial for biochar’s efficacy in adsorption applications, as it allows for
a greater interaction with and the retention of various substances [44]. Additionally, a
larger surface area enhances biochar’s use in agriculture, improving water- and nutrient-
retention capacities and fostering beneficial microbial activity in the soil [13,45]. The surface
morphology was assessed via SEM images, shown in Figure 4. There was a clear difference
in the pore structure between the biochar produced at 600 ◦C and 700 ◦C. The images
reveal a more developed pore structure in the biochar processed at 700 ◦C compared to that
processed at 600 ◦C, improving the biochar’s quality.

Compositions of Nutrients

Table 5 shows the nutrient content of the biosolids and biochar. Biochar contains a
significant amount of macro-nutrients (such as nitrogen (N), phosphorus (P), and potassium
(K)) and micro-nutrients (including calcium (Ca), magnesium (Mg), and sodium (Na)).
The phosphorus and potassium levels were notably higher in the biochar than in the
biosolids, with phosphorus increasing from 25,000 mg/kg in the biosolids to 36,000 mg/kg
and 42,000 mg/kg in the biochar produced at 600 and 700 ◦C, respectively. Similarly,
in the biochar samples, the potassium content rose from 4400 mg/kg in the biosolids to
6600 mg/kg and 8100 mg/kg. The nitrogen content in the biochar reduced by around
50% compared to that of the biosolids. The total nitrogen content in the biochar was
18,000 mg/kg at 600 ◦C and decreased slightly to 16,000 mg/kg at 700 ◦C compared to
the 44,000 mg/kg in the biosolid feed. The micro-nutrient levels also increased in the
biochar relative to the biosolids. Calcium increased from 51,000 mg/kg in the biosolids
to 72,000 mg/kg (600 ◦C) and 87,000 mg/kg (700 ◦C) in the biochar. A similar trend
was observed for magnesium and sodium. An increase in the concentration of inorganic
nutrient elements, such as K, Mg, Ca, P, and Na, in the biochar compared to the biosolids is
due to the thermal stability of these elements under pyrolysis conditions and the substantial
volume reduction caused by the decomposition of organic matter.
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Table 5. Nutrients in biosolids and biochar.

Nutrients Units Biosolids Biochar (600 ◦C) Biochar (700 ◦C)

Nitrogen (N)
Total Kjeldahl nitrogen (TKN) mg/kg 43,000 18,000 16,000
Ammonia (NH3) mg N/kg 7400 170 30
Nitrite (NO2) mg/kg 1.3 <0.2 <0.2
Nitrate (NO3) mg/kg 740 <0.2 <0.2
NOx mg N/kg 740 <0.1 0.1
Total nitrogen mg N/kg 44,000 18,000 16,000
Phosphorus (P)
Total P mg/kg 25,000 36,000 42,000
Olsen P mg/kg 1400 83 65
Total potassium (K) mg/kg 4400 6600 8100
Sulphur (S)
OESEXTRA/S mg/kg 10,000 6700 7800
Total sulfur % 0.4 0.95 1.05
Total calcium (Ca) mg/kg 51,000 72,000 87,000
Total magnesium (Mg) mg/kg 5800 6900 7400
Total sodium (Na) mg/kg 3300 4400 5100
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Heavy Metal Contents

The heavy metal concentration in the biosolids and biochar are given in Table 6. The
heavy metal concentrations, except for that of mercury, were higher in the biochar samples
than in the biosolid ones. This increase is due to the removal of volatile components
and the resultant mass loss during pyrolysis, concentrating the remaining non-volatile
elements [42]. The mercury levels, however, significantly reduced in the biochar, as the
element evaporated (at a boiling point of ~355 ◦C) during the pyrolysis process [42]. The
mercury concentration in the biochar was found to be below detectable limits. Table 6 also
outlines the Victorian EPA biosolid guidelines’ upper limits for heavy metals [46]. These
guidelines classify contaminants into two grades: C1, the more stringent classification
allowing unrestricted land applications, and C2, which is suitable for restricted land
applications. The arsenic, chromium, nickel, and lead levels were within the limits for the
C1 grade under these guidelines [46]. However, the cadmium, copper, selenium, and zinc
concentrations in the biosolids and biochar exceeded the C1 limits but remained within the
C2 thresholds. Thus, the biosolids and biochar produced via the PYROCO™ process fall
under the C2 contaminant grade. It should be noted that these guidelines are specifically
for biosolids in land applications and not for biochar, and the stability of heavy metals
in biochar might lead to different permissible limits. However, when compared with
the International Biochar Initiative (IBI) Guidelines, both biosolids and biochar remained
within the required limits [17].

Table 6. Heavy metal concentration (mg/kg) in biosolids and biochar.

Heavy Metals Biosolids Biochar (600 ◦C) Biochar (700 ◦C)
VIC EPA [46] International

Biochar
Initiative Guidelines [17]C1 Grade C2 Grade

Arsenic <5 <5 5 20 60 13–100
Cadmium 1.4 1.2 1.1 1 10 1.4–39
Chromium 28 49 45 400 3000 93–1200
Copper 720 900 1000 100 2000 143–6000
Mercury 0.94 <0.05 <0.05 1 5 1–17
Nickel 23 28 28 60 270 47–420
Lead 20 39 40 300 500 121–300
Selenium 6 6 7 3 50 2–200
Zinc 1100 1500 1700 200 2500 416–7400

Contaminants of Emerging Concerns

The concentration of micropollutants such as PFAS, microplastics, pharmaceuticals,
oestrogen-disrupting chemicals, siloxanes, and PAHs was measured in the biosolids and
their derived biochar. These contaminants are typically present in biosolids in minute
concentrations; however, their presence is of increasing concern due to their environmental
toxicity and potential mobility to soil, air, and water media through biosolid land applica-
tions. The concentration of 28 targeted PFAS compounds in the biosolids and biochar is
presented in Table 7. The total PFAS concentration significantly decreased from 134 ng/g in
the biosolids to below detectable levels in the biochar. This remarkable reduction indicates
that the PYROCO™ process is highly effective in reducing PFAS levels, thereby enhancing
the environmental safety of the biochar produced. In addition to the PFAS concentrations,
we also analysed the levels of pharmaceuticals, oestrogens, microplastics, siloxanes, and
PAHs in the biosolids and biochar samples. The results are presented in Tables S4–S7 in the
Supplementary Material. These comprehensive analyses provide further insights into the
safety and environmental impact of the biochar produced through the PYROCO™ process.
Microplastics were detected in the PYROCO™ biochar, as shown in Table S5, yet the results
are considered inconclusive due to potential errors in sampling and the analytical methods
employed by the laboratory.
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Table 7. PFAS concentration (ng/g) in biosolids and biochar.

PFAS Compound Name Limit of
Reporting (LOR) Biosolids Biochar (600 ◦C) Biochar (700 ◦C)

10:2 Fluorotelomer Sulfonic Acid <2.5 <2.5 <2.5 <2.5
4:2 Fluorotelomer Sulfonic Acid <2.5 <2.5 <2.5 <2.5
6:2 Fluorotelomer Sulfonic Acid <2.5 <2.5 <2.5 <2.5
8:2 Fluorotelomer Sulfonic Acid <2.5 <2.5 <2.5 <2.5
N-Ethyl Perfluorooctane Sulfonamido Acetic
Acid (EtFOSAA) <5 <5 <5 <5

N-Ethyl Perfluorooctane Sulfonamidoethanol
(EtFOSE) <5 <5 <5 <5

N-Methyl Perfluorooctane Sulfonamido Acetic
Acid (MeFOSAA) <10 12 <10 <10

N-Methyl Perfluorooctane Sulfonamidoethanol
(MeFOSE) <5 <5 <5 <5

N-Ethyl Perfluorooctane Sulfonamide (EtFOSA) <5 <5 <5 <5
N-Methyl Perfluorooctane Sulfonamide
(MeFOSA) <5 <5 <5 <5

Perfluorobutane Sulfonic Acid (PFBS) <2.5 9.6 <2.5 <2.5
Perfluorobutanoic Acid (PFBA) <10 <10 <10 <10
Perfluorodecane Sulfonic Acid (PFDS) <2.5 <2.5 <2.5 <2.5
Perfluorodecanoic Acid (PFDA) <2.5 42 <2.5 <2.5
Perfluorododecanoic Acid (PFDoDA) <2.5 5 <2.5 <2.5
Perfluoroheptane Sulfonic Acid (PFHpS) <2.5 <2.5 <2.5 <2.5
Perfluoroheptanoic Acid (PFHpA) <2.5 <2.5 <2.5 <2.5
Perfluorohexane Sulfonic Acid (PFHxS) <2.5 <2.5 <2.5 <2.5
Perfluorohexanoic Acid (PFHxA) <2.5 11 <2.5 <2.5
Perfluorononanoic Acid (PFNA) <2.5 2.8 <2.5 <2.5
Perfluorooctane Sulfonamide (FOSA) <2.5 <2.5 <2.5 <2.5
Perfluorooctane Sulfonic Acid (PFOS) <2.5 26 <2.5 <2.5
Perfluorooctanoic Acid (PFOA) <2.5 21 <2.5 <2.5
Perfluoropentane Sulfonic Acid (PFPeS) <2.5 <2.5 <2.5 <2.5
Perfluoropentanoic Acid (PFPeA) <2.5 10 <2.5 <2.5
Perfluorotetradecanoic Acid (PFTeDA) <5 <5 <5 <5
Perfluorotridecanoic Acid (PFTrDA) <2.5 <2.5 <2.5 <2.5
Perfluoroundecanoic Acid (PFUnDA) <2.5 <2.5 <2.5 <2.5
Sum of PFAS <2.5 134 <2.5 <2.5

Similarly, siloxanes were found to not be removed entirely from the biochar, as indi-
cated in Table S6. This persistence could be attributed to siloxanes’ thermal stability at
pyrolysis temperatures. Given these uncertainties, it is essential to conduct more thorough
investigations with controlled sampling and precise analyses in future studies to ascertain
whether microplastics and siloxanes can be effectively destroyed during pyrolysis.

3.1.4. Stack Gas Emission Analysis

The stack gas emission composition comprising NOx, CO, CO2, and O2 was measured
in real time, and the gas profile between 8 and 10 h of plant operations under stable
conditions is shown in Figure 5. The NOx levels generally remained below 320 ppm under
stable conditions but occasionally rose as high as 500 ppm. This increase was due to the
unstable operation of the pilot plant and manual handling of the scrubber, which led to
inadequate dosing of caustic soda or hydrogen peroxide. Additionally, high NOx emissions
may result from fuel or prompt NOx (formed under fuel-rich conditions). This suggests
that NOx emissions can be further reduced by a more controlled and automated caustic
soda/hydrogen peroxide injection system with a modified scrubber (with an improved
structured packing) in the next stage to ensure that NOx emissions are fully captured in
the scrubber. The CO emission levels were generally below 150 ppm. However, there were
instances where the CO emissions spiked up to 6000 ppm, primarily due to the manual
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control of the feed and process. The over- or underfeeding of biosolids led to fluctuations
in CO levels. Improved process control and automation around feed and operations in the
next stage of PYRO pilot trials will help regulate CO emissions more efficiently. The CO2
levels generally ranged between 5 and 10 vol.%, while the O2 fluctuated between 11 and
17 vol.%. These fluctuations were mainly caused by manual handling.
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3.1.5. Scrubber Water Analysis

The scrubber water produced in the PYROCO™ reactor system contains particulate
matter, emissions such as NOx and SOx, and other impurities captured during flue gas
scrubbing. To ensure environmental safety and regulatory compliance, scrubber water
samples were collected and analysed for contaminants such as heavy metals, PFASs, poly-
cyclic aromatic hydrocarbons (PAHs), and halides. This analysis, performed by accredited
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laboratories, ensures the water is properly characterised before disposal. Additionally, the
scrubber water is stored in IBC tanks and will be treated or neutralised as required prior to
disposal at a wastewater treatment plant. The potential environmental impacts of releasing
untreated scrubber water are significant, as it may contain harmful contaminants that could
affect the groundwater or ecosystems. Therefore, proper treatment and disposal are critical
to meet regulatory standards and to minimise environmental risks.

We first evaluated the PFAS concentrations in the scrubber water against the NEMP 3.0
draft guidelines to ensure compliance, to protect human health, and to prevent ecological
harm when the water is sent to a recycling plant. This assessment ensures that the water
meets safety thresholds, preventing contamination and safeguarding the integrity of the
recycling process. Figures 6 and 7 illustrate the PFAS concentrations in the scrubber water,
evaluated against the NEMP 3.0 draft guidelines [47]. Specifically, Figure 6 compares the
PFAS levels in the scrubber water with the thresholds for the drinking-water quality human
health guidelines outlined in the NEMP 3.0 draft, while Figure 7 compares these concentra-
tions to the Ecological Water Quality Guidelines specified in the same document [47]. The
accepted threshold for the sum of the PFOS and PFHxS concentrations in drinking water is
below 0.07 µg/L, while for recreational water quality, it is below 2 µg/L, according to these
guidelines. Similarly, the accepted threshold for the sum of the PFOA concentrations in
drinking water is below 0.56 µg/L, while for recreational water quality, it is below 10 µg/L
(according to the NEMP 3.0 draft guidelines) [47]. Despite the presence of some PFASs in
the scrubber water, their concentrations remained below the threshold limits of the NEMP
3.0 draft guidelines in both assessments [47].
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Figure 7. PFAS in scrubber water and comparison with Ecological Water Quality Guidelines (95%
species protection).

The results of an analysis of the PAHs in the scrubber water obtained from the PY-
ROCO™ pilot plant are detailed in Table S8 of the supplementary data. The PAHs detected
in the scrubber water likely originate from the biosolids or the thermal processes (i.e.,
PYROCO®). The presence of PAHs may be attributed to the incomplete combustion of
pyrolysis oil and gas vapours during the pilot plant trials. This incomplete combustion was
evidenced by CO concentrations reaching as high as 6000 ppm, primarily due to process
disturbances caused by manual operations. To mitigate PAH levels, achieving complete
combustion in subsequent stages is crucial. This can be accomplished by improving pro-
cess automation and incorporating an afterburner or thermal oxidiser post-PYROCO®.
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Several PAH levels in the scrubber water exceeded the recommended limits set by the
National Institute for Public Health and the Environment (NIPHE), rendering the water
potentially unsafe for direct discharge into natural water bodies due to its aquatic, benthic,
and terrestrial toxicity.

The US EPA guidelines do not specify minimum reporting requirements for PAHs, but
given their toxicity, the scrubber water should be treated as trade wastewater. Moreover,
the heavy metal concentration in the scrubber water was also analysed, and the results
are presented in Table S9 in the Supplementary Materials. Furthermore, the halides and
organic compounds in the scrubber water were also analysed, and the results are shown in
Table S10 in the Supplementary Materials.

3.2. Validation and Results of ASPEN Process Model

Table 8 provides the mole compositions of CO2, H2, CO, and O2 at the GP and
PYROCO™ exit, as obtained from the Aspen Plus simulation and the pilot plant trials. The
results show that the Aspen Plus simulation data are within the range of the pilot plant
trial data, demonstrating consistency and validating the accuracy of the simulation model.

Table 8. Comparison between pilot plant trial data and simulation data of GP and PYROCO™ exit
gas composition.

GP Gas Profiles (%) PYROCO™ Exit Gas Profile (%)

Pilot Plant Data Simulation
Data Pilot Plant Data Simulation

Data

CO2 9–11.5 11.2 11–17 12
H2 4–5 5
O2 0–1 5.5 × 10−12 5–10 7.0
CO 10–13 12.9 0–0.015 9.80 × 10−7

NOx 0.014–0.03 0.015

3.2.1. Mass and Energy Balance

The mass and energy balance data for the pyrolysis of the biosolids are shown in
Table 9. Here, the solid content in the biosolids was assumed to be 50 wt.%, and the
GP:PYROCO™ ratio was assumed to be 0.4. As shown in Table 9, this plant can process
10 tons of biosolids per day and can produce 1.7 tons of biochar from PYROCO™ and
0.7 tons of biochar from GP.

As shown in Table 9, the GP operates in autothermal mode without requiring an
external energy input. The PYROCO™ reactor also functions without an external energy
supply, as the partial combustion of volatile products in its outer shell provides the heat
required for the pyrolysis reactor. The remaining volatiles are then combusted in the
thermal oxidiser using excess air. The heat from the flue gas exiting the thermal oxidiser is
used to dry the incoming wet biosolids. Any residual heat remaining in the flue gas after
indirect drying is recovered, leaving an exhaust temperature of 400 ◦C. This low-grade
heat can be used for various operations in wastewater treatment plants or office buildings.
According to Table 9, the total exergy from this plant is 294 kW, providing an energy
efficiency of 84% when operating at a 0.4 GP:PYROCO ratio with the biosolids containing
50% solids and a calorific value of 16 MJ/kg.
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Table 9. Mass and energy balance for pyrolysis of biosolids at a 50 wt.% solid content and 0.4
GP:PYROCO™ feed fraction.

Details

Mass Flow Rate (kg/h) Energy (kW)

In Out In
Out

Loss Gen.

Biosolids 417 - 943.6
Dryer - 172 107.8
Gas producer (autothermal) 147 29
Pyrolyzer+thermal oxidizer 2145 69
Heat loss in GP and PYROCO® 19.6
Thermal energy in biochar 192.4
Thermal energy in ash 15.9
Low-grade heat recovery (LGHR) 313.7
Exergy losses 294.1
Exhaust - 2439
Total 2708 2708 943.6 629.9 313.7
Difference (mass in–out) 0

3.2.2. Extended Energy Analysis Using Validated ASPEN Process Model

The energy analysis provided insights into the PYROCO™ process’s energy require-
ments and consumption patterns. In the proposed PYROCO™ process, the energy required
for pyrolysis is supplied by the partial combustion of volatiles generated in the pyrolysis
unit. The energy required for drying is supplied by the heat available in the flue gas,
leaving the thermal oxidiser. The energy generated or required in this process varies
with the biosolids’ calorific value and the feed ratio between the GP and PYROCO™ re-
actors (GP:PYROCO). Figure 8 shows how these parameters affect the amount of energy
generated/required in the process.

Energy production in the PYROCO™ process depends on the calorific value of
biosolids. The source of biosolids, their compositions, and stabilisation methods af-
fect biosolids’ heating value. Hence, a biosolid’s calorific value typically ranges from
10–20 MJ/kg. The results of the analysis, presented in Figure 8, considers four biosolids
having 11, 14, 16, and 20 MJ/kg of HHV. Figure 8 shows that the PYROCO™ process can
usually operate without external energy for most biosolids with varying calorific values,
and the thermal energy production increases with the biosolids’ calorific value. Accord-
ing to Figure 8, at 0.2 and 0.4 GP:PYROCO ratios, the process cannot operate without
an external energy source when the heating value of the biosolids is as low as 11 MJ/kg
and when the solid content in the biosolids is lower than 30%. However, biosolids with
such low-calorific values can still be processed without external energy in the PYROCO™
process by adjusting the GP:PYROCO ratio to a higher value.

As shown in Figure 8, the energy generated by the process increases with a higher
GP:PYROCO ratio. At ratios greater than 0.5, all four feedstocks can be considered self-
sufficient. As mentioned above, even when biosolids have a lower solid content or heating
value, increasing the GP:PYROCO ratio allows the system to operate efficiently. However,
higher GP:PYROCO ratios mean more biosolids are fed to the GP instead of the PYROCO™
reactor. This reduces the overall biochar yield, because gasification produces less biochar
than pyrolysis.
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Furthermore, biochar produced in GP has a high ash content, lower carbon content,
and lower calorific value than those of biochar from pyrolysis, leading to a potentially lower
market value. Thus, adjusting the GP:PYROCO ratio depends on the following specific
requirements: either a higher biochar yield or surplus energy. As a higher GP:PYROCO
ratio directs more biosolids to the GP, it increases the energy surplus, because gasification
in the GP generates more volatiles than in pyrolysis. However, this also leads to less energy
generated in the PYROCO™ reactor from the partial combustion of volatiles, which has a
negative effect on the energy surplus. However, the net effect of these two factors was still
positive, increasing the surplus energy in the process.

3.3. Economic Analysis

This section examines the influence of key economic parameters, such as the biochar
sale price, the calorific value of biosolids, and the GP:PYROCO ratio on the NPV of
the pyrolysis of biosolids. A positive NPV was observed with the current economic
assumptions and parameters considered in all the scenarios addressed. NPV = 0 when the
rate of return generated by the project matches the cost of the capital or the required rate of
return. At this point, the project neither gains nor loses value from a financial perspective,
as the expected returns are exactly offset by the costs, leaving no net benefit or loss in
present value terms.

3.3.1. Effect of Biochar Sale Price on NPV

Figure 9 presents the NPV results for varying biochar sale prices from AUD 300 to
AUD 1000 per tonne under the operational settings of a 0.5 GP:PYROCO ratio and 50% solid
content of biosolids having a calorific value of 20 MJ/kg. The financial analysis maintained
the discount rate at 8% and the tax rate at 25%. When the biochar price increases from
AUD 300 per tonne to AUD 1000 per tonne, the NPV improves from AUD 0.24 million to
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AUD 4.31 million, and the payback period decreases from 26 years to 12 years. However,
the current market price for biochar is not as high as AUD 1000 per tonne. To enhance the
economic viability of the investment, exploring higher-value applications of biochar, such
as in adsorption processes, catalysis, or as additives in rubber compounding, could open
up new market opportunities for biosolid-derived biochar.
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Furthermore, the BCR increased from 0.96 to 1.8 when the biochar sale price rose
from AUD 300/tonne to AUD 1000/tonne, reflecting the strong impact of biochar pricing
on project viability. For the project to achieve a BCR greater than 1 (indicating economic
viability), the biochar sale price must be at least AUD 400/tonne or higher. This shows the
importance of biochar market development and pricing strategies in ensuring the financial
sustainability of the PYROCO process, as the price point of biochar directly influences the
project’s profitability.

3.3.2. Effect of Biosolids’ Calorific Value on NPV

Figure 10 shows the NPV values for biosolids with varying calorific values, from
11 MJ/kg to 20 MJ/kg, under the same operational settings used in the biochar pricing
analysis but with a fixed biochar sale price of AUD 300 per tonne. The effect of the biosolids’
calorific value on the NPV is more subdued than the impact of the biochar sale price. As
the calorific value of the biosolids increases from 11 MJ/kg to 20 MJ/kg, the NPV rises from
AUD 0.31 million to AUD 0.82 million, and the payback period shortens from 26 to 23 years.
Although higher calorific values lead to more energy generation, thereby increasing the
revenue from electricity production, they also result in a lower biochar yield. This decrease
in biochar production subsequently reduces the revenue generated from biochar sales,
balancing out the benefits from increased energy generation. This nuanced impact suggests
that while enhancing the calorific value does contribute to economic performance, it does
not have a dramatic effect compared to changes in the biochar sale price.

The BCR also improved from 0.95 to 1 when the calorific value of the biosolids
increased from 11 MJ/kg to 20 MJ/kg, demonstrating that biosolids with a high calorific
value improve the profitability of the investment.
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3.3.3. Effect of GP:PYROCO Ratio on NPV

The GP:PYROCO ratio is another important parameter in the PYROCO™ process.
Therefore, the influence of this ratio on the NPV and the payback period is depicted in
Figure 11. The data reveal that a decrease in the GP:PYROCO ratio leads to an increase in the
NPV, suggesting that an economically optimal operation involves feeding more biosolids
to PYROCO™ and less to GP. This operational adjustment results in a higher biochar yield
and a reduction in electricity generation, underscoring that biochar sales yield a more
substantial impact on the economic feasibility of the PYROCO™ plant. Therefore, directing
more biosolids to PYROCO®, when feasible, enhances the plant’s financial performance by
maximising revenue from biochar sales over energy generation.
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The BCR increased from 0.97 to 1.02 when the GP:PYROCO ratio decreased from 0.8 to
0.2, indicating that a lower GP:PYROCO ratio improves the financial viability of the process.
For the BCR to consistently exceed 1, the GP:PYROCO ratio must be kept below 0.5.

In addition, it was calculated that the cost to process biosolids through the PYROCO
process was only AUD 205/ton. This is comparable to the gasification study by Alves et al.,
which reported a cost range of AUD 158–363/ton [48]. Both processes involve the thermal
treatment of biosolids, making the cost range in Alves et al.’s study relevant. This suggests
that the PYROCO process falls within an established cost range for similar gasification
technologies, supporting its economic feasibility.

3.3.4. Sensitivity Analysis of Different Economic Factors

A sensitivity analysis was performed on various economic factors, as shown in
Figure 12. OPEX is the most significant factor influencing the techno-economic estimate of
the PYROCO™ process, as indicated by the steepest slope among the evaluated parameters.
An increase in OPEX of around 35% would render the process non-feasible, with a negative
NPV. CAPEX is the second most influential factor, and a 40% increase in CAPEX generates
a negative NPV. A by-product credit from electricity sales has the least influence on the
plant’s NPV. A ±50% variation in the revenue from electricity sales caused a <20% change
in the NPV. The income tax rate and biochar selling price have a similar effect on the process;
however, even with a 50% variation, these parameters would not result in a negative NPV.
Therefore, optimising the economic performance of PYROCO™ primarily depends on
improving both OPEX and CAPEX.
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rate, biochar sale price, CAPEX, interest rate, electricity selling price, and OPEX on the NPV of the
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sale price, 600 AUD/tonne; CAPEX, AUD 8.38 million; interest rate, 5.3%; electricity selling price,
15 c/kWh; OPEX, AUD 0.81 million; and NPV, AUD 2.8 million.
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4. Conclusions

• The PYROCO™ pilot trials successfully produced biochar with a 30% mass yield
and desirable agronomic and physicochemical properties. The process produced
biochar with high organic carbon and nutrient contents, the complete elimination of
PFASs, and undetectable levels of PAHs, pathogens, and oestrogens. However, chal-
lenges in accurately analysing microplastics and siloxanes in biochar were identified,
highlighting the need for enhanced analytical methods in subsequent trials.

• Mass and energy balances confirmed the PYROCO™ reactor’s capability for energy
self-sufficiency with minimal reliance on external energy sources.

• The semi-empirical process modelling of a commercial-scale PYROCO™ plant fur-
ther demonstrated that the process could operate in a thermal energy neutral mode
with biosolids containing a solid content above 30%. For biosolids with a lower
solid content, the system could still achieve energy self-sufficiency by adjusting the
GP:PYROCO feed ratio, albeit at the cost of reduced biochar production.

• Higher calorific values of biosolids generated greater surplus energy, enhancing the
process’s overall energy surplus. This finding underscores the importance of the
biosolid feed quality in optimising this process’s performance.

• We conducted a preliminary economic analysis that focused on the potential revenue
streams from biochar and electricity sales. This analysis suggested that while the
current market prices for biochar do not offer substantial financial returns, exploring
high-value applications for biochar could significantly improve the economic viability
of the PYROCO™ process.

• The key economic drivers identified include the biochar sale price, the calorific value
of biosolids, and the GP:PYROCO ratio. These factors influenced the NPV, indicating
potential areas for strategic improvements to enhance economic outcomes.

• The results of the current techno-economic analysis should be used primarily for
benchmarking purposes. For more definitive investment decisions, a more detailed
study should be carried out involving technology providers to obtain detailed capital
and operating cost estimates through a competitive tendering process.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/w16233399/s1. Figure S1: Continuous milling and sieving setup
used in pilot trials. Table S1: Proximate and ultimate analysis of biosolids feedstocks used in Aspen
plus modelling. Table S2: Capital cost estimates for the PYROCO plant. Table S3: Parameters
considered for economic analysis. Table S4: Pharmaceuticals and estrogens biosolids and biochar
samples. Table S5: Micro-plastics in biosolids and biochar samples. Table S6: Siloxanes in biosolids
and biochar samples. Table S7: PAHs in biosolids and biochar. Table S8. PAHs in scrubber water.
Table S9: Metals in scrubber water. Table S10: Halides and organics in scrubber water.
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Abstract: The present research presents a method for scaling up a continuous treatment system with
bacterial cellulose biomass for the removal of contaminants on a large industrial scale from effluents
loaded with chromium (VI). This consisted of a laboratory-scale modeling process of the chromium
(VI) adsorption processes, which would provide the necessary parameters to build a system on
an industrial scale. The research also involved designing, modeling and developing scale models
for the treatment of water contaminated with chromium (VI) through bacterial cellulose biomass.
The results of the model indicated the specific route for the construction of a treatment system on
an industrial scale, with the experimental data adjusted to achieve this objective. The pilot scale
prototype was built using 450 g of biomass, including elution processes, with the data obtained from
the aforementioned processes. In general, the excellent efficiency of the two models at different
scales, together with the excellent elution results, suggests that this prototype could be presented to
polluting industries for the treatment of water from different industrial effluents, being an advanced
biotechnology for the treatment of industrial wastewater.

Keywords: cellulose bacterial; chromium; isoterm; kinetics

1. Introduction

Caring for water is a fundamental and intrinsic aspect of human existence. The
conservation and reuse of water are crucial for the sustainability of our planet and the
well-being of future generations. To achieve this, it is essential to implement effective
treatment systems for industrial effluents to prevent irreversible damage to water systems,
such as wetlands and rivers. Pollutants that cause these impacts are various heavy metals,
which cause serious damage to the ecosystem in both animals and aquatic plants due to
their bioaccumulation [1–4]. Therefore, it is of the utmost importance to be able to treat
water contaminated with heavy metals in order to mitigate their increasingly harmful
impacts. An unconventional form of treatment is through chemical adsorption processes
with biomass, in which cationic exchanges occur between their multiple functional groups
(OH) and the metals present in the water [5–8]. This is a biochemical technology [9]. The
use of biomass capable of chemiadsorbing metals in an efficient, economical and easy way
is a method in development [10,11].

These types of technologies are viable due to the ease of producing or obtaining
them, as waste products are usually developed productively in the laboratory. This is
exemplified by bacterial cellulose. This polysaccharide is produced from basic sources
such as red tea, sugar and kombucha, where kombucha is a symbiotic colony formed by
several species of bacteria (Acetobacter xylinum, Acetobacter aceti, Acetobacter pasteurianus,
and Gluconobacter bluconicum) and yeasts (Brettanomyces, Brettanomyces bruxellensis, and
Brettanomyces intermedius) [12–15]. Bacterial cellulose meets the three criteria previously
described: it is easy to produce, economical, and, above all, it is effective in removing heavy

Water 2024, 16, 2524. https://doi.org/10.3390/w16172524 https://www.mdpi.com/journal/water56



Water 2024, 16, 2524

metals from water due to its multiple hydroxyl groups (OH), which are responsible for
chemisorbing these contaminants [16–18].

A number of investigations have been conducted worldwide that have employed
bacterial cellulose in the removal of heavy metals, including Cu (II) [19], Pb (II) [20],
Cd (III) [21], and Cr (VI) [22]. However, the implementation of these investigations on a
larger scale has not yet commenced, with the majority remaining within the laboratory
setting. One method for scaling this type of treatment is through the use of external-
layer (Kf) and internal-layer (Ks) adsorption models, which are employed in mathematical
modeling processes with the objective of parameterizing designs for the implementation of
these treatment systems [23–28]. Kf is employed as a design and scaling parameter, as it
relates the particle density, porosity and ideal diameter, in conjunction with the behavior
of its isotherm. Ks is then identified as a parameter that relates the adsorption capacities,
speeds and ideal treatment flow rates. This is to facilitate the design process for large-
scale treatment systems [29–35]. By obtaining the design variables through laboratory-
scale experimental processes, similarities in the contact time of the adsorbent and the
hydrodynamic characteristics between the adsorption systems could be obtained, thus
enabling the development of pilot-scale processes. It is feasible to use data at laboratory
scale to calculate parameters and model the efficiency of larger column systems using
vertical column systems [36,37]. Pilot-scale trials have been conducted using biomasses to
treat this type of water, including waste cellulose biomass from the aquatic plant Eichhornia
crassipes [38–41]. But currently, a treatment system based on extraparticle and intraparticle
diffusion models with bacterial cellulose biomass has not been built; due to this, it is
necessary to develop treatment systems on a real industrial scale with bacterial cellulose
material through adsorption models in order to identify the optimal parameters for their
implementation. In light of this, this project was initiated with the objective of designing,
modeling and developing scale models for the treatment of water contaminated with Cr
(VI) through bacterial cellulose biomass.

2. Materials and Methods
2.1. Production of Bacterial Cellulose (BC)

The production of bacterial cellulose BC was undertaken using a tea and sugar culture
medium obtained from the bioprocess laboratory at the University Foundation Los Lib-
ertadores. A BC film was produced and subsequently cut into 20 mm × 20 mm × 5 mm
pieces. These pieces were then placed in 8 L glass containers containing 6 L of sterilized
water, 30 g of sugar, and 20 g of red tea. To produce wet bacterial cellulose films, 600 mL
of kombucha sediment (approximately 200 mL per sheet of kombucha tea, with a total of
3 sheets) and 1.5 g of commercial yeast of (saccharomyces cerevisiae) were added. Samples of
pH and temperature were taken in situ for internal control. After three weeks, the films
were dried at 70 ◦C for 48 h to remove moisture (see Figure 1). The films were ground
until they had a diameter of 0.216 mm. This process yielded 70 g of bacterial cellulose in
two weeks.
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2.2. The Research Parameters

The research parameters included initial chromium concentrations of 50, 100, 200, 300,
and 600 mg (chromium/L). Samples were taken at each time interval, and the residual
chromium concentration was analyzed. Samples of 20 µL were obtained and subsequently
taken to the centrifuge (KASAI MIKRO 200, Hettich, Föhrenstr Germany). In the present
investigation, the tests were conducted under neutral pH conditions. Given that the pH
was neutral, the adsorption process was favored in this type of biomass.

Aliquots of the reaction mixture were analyzed for residual chromium concentration
using a (UV84 Hettich, Föhrenstr Germany). The tests were conducted in accordance
with the standard methods outlined by the American Public Health Association (APHA)
for standard tests, specifically the Standard Methods for the Examination of Water and
Wastewater. All procedures for determining chromium (VI) levels in water were carried
out in accordance with the APHA procedure outlined in method 3500-Cr. The study’s
measurement uncertainty indicates that heavy element measurements, specifically Cr (VI),
can be performed with an uncertainty level of approximately 3.95%.

Batch adsorption experiments were conducted in a 100mL glass vessel with constant
stirring (IKA Ks 4000 shaker, Hettich, Föhrenstr Germany) at 20 ◦C and 150 rpm. Data
were recorded every 20 min until 180 min had elapsed. The sample size was 20 µm. All
experiments were performed in triplicate, and the final values were averaged.

The amount of Cr (VI) residue was estimated by means of the diphenylcarbazide
method. For this, a phosphate-buffered solution was prepared by adjusting it to a pH
equal to 2 with (H3PO4) to 90%. In an eppendorf tube, 200 µL of 0.5% diphenylcarbazide
(P/V acetone) was added, along with 900 µL of phosphate buffer and 100 µL of residual
sample. The absorbance was measured at 540 nm, whereupon it was transferred to an
adsorption cell.

The adsorption capacity was determined with a suspension of 0.3 g of biomass in
100 mL of Cr (VI) solution for 140 min at 200 rpm, taking samples every 20 min, before
determining the residue and discarding the sediment. All procedures were performed
in duplicate.

An Evolution 300 spectrophotometer was used to monitor changes in absorbance
during the determination of chromium in water and substrates. The procedures followed
the standard methods for the examination of water and wastewater as outlined by the
American Public Health Association (APHA).

2.3. Desorption–Adsorption

Following the Cr (VI) adsorption process, the chromium-loaded biomass underwent
an elution process. After each biomass was subjected to the adsorption process, it was
washed with distilled water. The elution process was then carried out in an Erlenmeyer
flask at 25 ◦C for 24 h with constant stirring, using 20 mL of 20 mL of EDTA. The biomass
was subsequently separated using a filter [31].

2.4. Column Design and Experiments

Two treatment systems were developed using recyclable PET bottles of varying sizes.
The smaller-scale treatment system (laboratory) had a biomass diameter of 2.3 cm and a
biomass length between the two compartments of 25 cm. Through experimental tests on
this, a larger-scale system was developed. The larger-scale treatment system (pilot) was
5 cm in diameter with 75 cm of biomass height. Both systems had meshes that separated the
compartments. The laboratory-scale system comprised 45 g of bacterial cellulose biomass,
which reached a height of 25 cm and had a volume of 50 mL (with an area of 2.33 cm2).

Subsequently, the column was scaled up to a larger laboratory scale, in accordance with
the criteria of geometric, kinematic and dynamic similarity [33]. The design parameters
of the two treatment systems were employed to ascertain the relationship between the
heights and diameters of the biomasses, with a view to determining the optimal relationship
criterion between the biomasses. The relationship between the densities of the biomasses

58



Water 2024, 16, 2524

was established as the primary similarity criterion through the identification of the most
suitable particle diameter for the removal and elution processes. A pilot-scale prototype
was constructed using 450 g of biomass, including the elution processes, with the data
obtained from the aforementioned processes.

The biomasses of the bacterial cellulose samples were measured at the following
diameters: 0.212 mm, 0.315 mm and 0.318 mm.

The three diameters resulted in three different biomass density ratios on a labora-
tory scale. Subsequent evaluations were conducted, and the diffusion constants Kf were
established. The intra-particle diffusion constant Ks was established, allowing for the
establishment of the relationship between height and contact area for the treatment of
50 liters of wastewater contaminated with 1000 g/L of chromium.

In accordance with the remaining criteria, the physical properties of the fluid and the
linear velocity (v, cm min−1) were maintained at a constant value in both columns, thus
ensuring the same mass transfer and hydrodynamic conditions.

The initial experiments were conducted on a laboratory scale with a flow rate of
20 mL/min. The biomass particle diameter was 0.212 mm, 0.315 mm and 0.318 mm,
with the objective of evaluating three different types of biomass densities. The initial
concentration of Cr (VI) was 500, 300, 200 and 100 mg/L. The sampling period was set
at 15 min, and the experiments were conducted in a downward flow configuration, with
three repetitions.

2.5. Development of Adsorption Models

The dynamics of the adsorption process are reflected in Equation (1)

mA
∂qA
∂t

= −Vl
∂c
∂t

(1)

The development of adsorption models will be discussed. In Equation (1), mA is the
mass of the adsorbent, which in our case is bacterial cellulose, and Vl is the objective param-
eter, which is the volume of water to be treated. The equation links the change in adsorption
capacity qA in relation to the time spent between the biomass and the contaminant.

This model establishes that in external conditions, the contaminant adsorption process
is carried out, where it has a concentration gradient (δ). Therefore, as long as equilibrium
conditions are not established, the concentration in the adsorbent particle will be less than
that in the fluid to be treated. This gradient extends around the outer layer. To establish
this dynamism, the mass transfer equation for external diffusion or film is used, which can
be derived from Fick’s law.

NF = Dl
∂C
δ

(2)

The flux, Nf, is given in g/(m2* s), while the diffusion coefficient in the contaminant
phase, Dl, is expressed in m2/s. Integrating the linear gradient δ within the boundary layer
leads to the following equation:

NF = K f (co − c) (3)

The mass transfer coefficient of the film, Kf, is the amount of contaminant chemisorbed
in the fluid that has already been treated at this moment, and that is adsorbed in the
biomass per unit of time.

This parameter is dependent on the density of the adsorbent and its porosity. It directly
relates to the contaminant and the chemiadsorption attraction between heavy metals and
the functional groups of the biomass [29–31]. The relationship between functional groups
and the metal to be removed from the water is directly proportional to the density of the
particle. Therefore, a model must be designed to comply with national or international
discharge regulations, or even reach 0.

nF =
NF
As

(4)
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The total external surface of all adsorbent particles within the designed bioreactor is
also the external area of the volume of biomass occupied in the treatment. This is calculated
using the following equation:

As =
3Va(1 − ε)

rp
(5)

where Va is the volume occupied by the biomass in the reactor. The total volume of the
reactor (including spaces between pores and air) is denoted by ε. This is the relation-
ship between the densities of the particle and the density of the biomass occupied in the
reactor [32–34]. The radius of the biomass occupied in the reactor is denoted by rp. The
relationship between the densities is a design parameter that is fundamental to the assembly
and commissioning processes of adsorbent systems. The relationship between the volume
of the liquid to be treated and the total volume of the reactor is:

ε =
Vl
Va

(6)

The relationship between the volume of the reactor (Vl) and the volume of the adsor-
bent (Va) is given by the following equation:

Va
Vr

= 1 − ε (7)

The volume of the liquid and the volume of the adsorbent is given by the following
equation:

Va
Vl

=
1 − ε
ε

(8)

Va
Vl

= pp
1 − ε
ε

(9)

ε = 1 − pb
pp

(10)

This equation will be fundamental due to the relationship between the general biomass
and its small particles. The simplest particle will have a direct relationship with the
contaminant coupled with the biomass, whereby the more space there is between particles,
the better it will be for the treatment. pp is determined by:

ρp =
mp
Vp

(11)

The mass of the microparticle (mp) is its weight, and the volume of the microparticle
vp is obtained by:

Vp =
4πr3

3
(12)

The radius of the tiny particle (r) is a dependent variable in this research. Its diameter
is obtained in meshes and classified by size. Returning to Equations (1) and (4), the
relationship and differences that exist in the time of the concentrations is given by:

∂C
∂t

= kF ∗ AM
MA
vL

(c − cs) (13)

where AM is the total surface area related to the mass of adsorbent available in the reac-
tor (AM = As/mA); replacing Equations (5) and (10) in Equation (13) leaves the design
equation unchanged:

∂C
(c − cs)

= kF ∗ AM
MA
vL

∂t (14)
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Integrating Equation (14),

Ln
Co
(cs)

= −kF ∗ AM
MA
vL

t (15)

The natural logarithm of the initial concentration and final concentration of Cr (VI)
(designing the final parameter of discharges), together with the surface area (As) of contact,
the volume of treated water, and the objective parameter (Vl), the diffusion constant (Kf) of
Cr (VI) in the biomass, are found by graphing this term. This parameter summarizes the
design behavior of the following:

Surface area that the biomass will occupy in the reactor;
Mass necessary to meet the objective of treating the contaminant;
The target treatment volume;
The target concentration (mg/l) of the contaminant.
These are fundamental parameters when designing and implementing water treatment

systems contaminated with heavy metals. The diffusion constant (Kf) summarizes these
parameters. The other part of Equation (1), which takes into account intraparticle diffusion,
is given by:

∂q
∂t

= Ks pp(qs − q) (16)

The density of the particle plays a fundamental role in the change of adsorption
capacities over time, and the parameter Ks is obtained. This constant summarizes, like
Kf, the design parameters. In order to establish the behavior of the adsorption capacity
in saturation, the present investigation employs the isotherm equations, which are the
Langmuir and Freundlich isotherms. Equations (15) and (16) will be grouped.

ks(qs − q)= −kF ∗ AM
MA
vL

(17)

In numerous studies of heavy metal adsorption, the principal focus has been the
adsorption isotherm and its variables. Nonetheless, fixed bed or packed bed adsorbers’
design necessitates both the adsorption isotherm and the complete adsorption pace.

If it is the Freundlich Equation (18):

qs = K(Cs)n (18)

The resulting expression with Freundlich modeling is Equation (19).

ks
(
K(Cs)n − q

)
= −kF ∗ AM

MA
vL

t (19)

Equation (19) does not obtain the intraparticle diffusion constant when adjusted to
this Freundlich isotherm

kS =
3MAkFAM

ρp(KCsn − q)VL
(20)

But if it is the Langmuir Equation (21):

qS =
qmBCs
1 + BCs

(21)

where B is the Langmuir parameter, if there is a fit to the Langmuir isotherm, this equation
must be used to determine the Ks. If it is the Langmuir Equation (22):

KsqmBCs
1 + BCs

− Ksq= AM
MA
vL

t (22)
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The resulting expression with Langmuir modeling is Equation (23).

kS =
3MAkFBCs2 + 3MAkFCs − kFCs + kFCs + 3MAkFCs

(ppqmBCs − qBCs − q)vL
(23)

The intraparticle diffusion constant will be established through Equations (20) and (23),
which will group design parameters such as:

• Biomass to use.
• Target volume.
• Target concentrations.
• Particle density.
• Maximum adsorption capacities.
• Constant Kf.

In order to ensure adequate staging and to obtain a full-scale treatment system, it
is necessary to resolve various design parameters. These include determining the mass
required to achieve a specific treatment objective or establishing the necessary treatment
volume and adsorption capacity, taking into account all relevant variables. In the present
investigation, Equation (24) was derived, which is ideal for establishing the biomass
required for the effective treatment of wastewater contaminated with heavy metals.

MA =
(ppqmBCs − qBCs − q)vLkS

3(kFBCs2 + kFCs)
(24)

3. Results
3.1. Result of Removal of Cr (VI)

Figure 2 illustrates the removal processes by the bacterial cellulose biomass with three
different density models. The diameters represented each of the biomasses, which were BC
(1): 0.212 mm, BC (2): 0.315 mm and BC (3): 0.318 mm. All experiments were performed in
triplicate, with the average product and its margin of error shown in Figure 2.

All biomasses demonstrated excellent removal of Cr (VI) ions, reaching initial equilib-
rium levels. All achieved removal times above 450 min of treatment. In treatment processes
at this laboratory scale, similar results were recorded in [42–47].

The BC(1) biomass was ideal, achieving better treatment intensity due to a breaking
point of around 550 min. It was able to treat 5 L of wastewater with Cr (VI) ions. The
biomass with BC (2) was able to treat 4.7 L of water with a break point of 500 min, while BC
(3) spent approximately 435 min treating 4.65 L of water. The 0.0212 particle demonstrated
superior performance, likely due to its intimate interaction with the Cr (VI) contaminant.
This particle diameter has been recorded in some investigations as 10 microns. Table 1
presents the final results of the analysis of the relationship between densities.

Table 1. Results of the analysis of the relationship between densities.

Diameters M (g) Volume Mass
(Vb)

Density Mas
(pb)

Ma Particle
(mp)

Volume Particle
(Vp)

Density Particle
(pp) ε

BC (1) 50 80 0.62 0.01 0.005 0.59 0.68
BC (2) 50 85 0.58 0.019 0.044 0.43 0.33
BC (3) 50 90 0.55 0.028 0.039 0.71 0.23

Equations (3)–(12) were used to obtain the relationships between densities (ε), between
the biomass in general and the tiny particle. This relationship is linked to the removals
recorded in Figure 1, where the BC (1) biomass obtained the best treatment records. This is
due to the compactness of the biomass density in general and the particle diameter, which
is ideal for the direct relationship with the contaminant Cr (VI) [48,49].
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Figure 2. Removal processes by the bacterial cellulose.

The next step was to implement dynamic modeling at the laboratory scale. The three
models were implemented using Equation (15) to establish the degree of incidence and
design criteria for the different variables and design parameters. The initial and final
concentrations of Cr (VI) were graphed with their natural logarithms, relating the rupture
time and volume of treated water. For the case of BC (1), this was 5000 mL of water. Table 2
shows a summary of the variables in Equation (15). For illustrative purposes, let us consider
the treatment with BC (1) as an example. In this case, Equation (15) becomes:

Ln
1000
(1)

= −kF ∗
61.5 ∗ 50
50 ∗ 5000

550

where this equation can be solved to establish Kf or graph and through this the influences
between the different variables can be observed, as shown in Figure 3.

Table 2. Summary of parameters given.

Biomass As cm2 Kf (cm/min) Volume Goal
(L) Time Break (min)

BC (1) 61.5 0.99 5 550
BC (2) 61.5 0.895 4.7 500
BC (3) 61.5 0.889 4.65 435

The kinetic curve can be plotted according to Equation (3) in order to estimate Kf
(Figure 3) in the which has the representative red color due to the breaking point. The two
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methods for establishing Kf were employed to complete the various processes, which are
outlined in Table 2.
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Figure 3. Plotting for find the Kf.

Kf is an adsorption rate that correlates with ideal diameters and densities in the
removal processes of heavy metals in water. The Kf value for BC (1) was 0.99 cm/min,
indicating that this biomass has an adsorption capacity for Cr (VI) ions. However, the Kf
values for BC (2) and BC (3) were lower, and therefore, these biomass samples were not
considered important in the design of treatment systems on a larger scale. In treatment
systems employing plant biomass, the Kf for the Cr (VI) treatment was found to be less
than 0.88 [50], indicating that the biomass of bacterial cellulose is greater under different
circumstances of its particle sizes. Kf is the design and scaling parameter because it relates
the particle density, porosity and ideal diameter, coupled with the behavior of its isotherm.
Consequently, the Ks will be found to complement the scaling process in the design of a
large-scale treatment system.

Subsequently, analysis of the removals must be carried out to establish how the
isotherms in which the removals of Cr (VI) by the different biomasses occur behave.
Figure 4 depicts the isotherms of each of the biomasses.
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Figure 4 illustrates the relationship between bacterial cellulose and adsorption ca-
pacities (qe) at different equilibrium concentrations (Ce) obtained in each of the initial
concentrations of 400, 200, 100 and 50 mg/L of Cr (VI). It shows that adsorption capacities
of more than 55 mg/g per biomass can be achieved, with the BC biomass (1) reporting the
best results, at around 65 mg/g. The active sites (OH) in the bacterial cellulose biomass
are filled by Cr (VI) ions, which is characteristic of this biomass. It is also homogenous in
adsorption processes and adjusts to the Langmuir isotherm. It should be noted that this
isotherm assumes that all active sites on the surface are energetically homogeneous. A
representative fit of 0.99 R2 can be seen in Table 3.

Table 3. Isotherm representatives.

Isotherm Constant R2

BC(1)
Langmuir B = 0.03; qm; 65 0.99

Freundlich K = 0.17 0.91

Isoterm Constant R2

BC (2)
Langmuir B = 0.028; qm; 60 0.99

Freundlich K = 0.11 0.92

Isoterm Constant R2

BC(3)
Langmuir B = 0.027; qm; 58 0.98

Freundlich K = 0.18 0.96

For all biomasses, Langmuir isotherms were obtained due to the homogeneity of active
sites in these; therefore, the models of Equation (23) were used to obtain the intra-particle
design variable Ks, as shown in Table 4. Similarly to the variable Kf, the constant Ks
plays a pivotal role in the design and scaling of the treatment system. This is because the
intraparticle diffusion constant contains intertwined design parameters such as density
variables and the influence of the contaminant.

Table 4. Isotherm equation representatives.

Biomass Ks (1/s) Isotherm Equation Qm pp

BC (1) 0.018 Langmuir 65 2
BC (2) 0.020 Langmuir 60 1.5
BC (3) 0.022 Langmuir 55 1.4

To ascertain the impact of the EDTA eluent on recycling ratios and biomasses, a series
of elution and recycling cycles were conducted, as illustrated in Figure 5. The design
variables were established between densities after each elution process and subsequent
reuse. Figure 5 illustrates the characteristics and elution processes of each biomass, along
with their respective removal percentages, with its margin of error product of the arith-
metic average.

It is evident that each elution process yielded a notable performance, with similar
yields observed across the different cycles. All biomasses were tested with up to four
elution and reuse cycles, from (4) cycles of Elutions/Recycling. The biomass with the best
performance was BC (1), although the other biomasses also demonstrated promising results
in the elution and reuse processes. The results of the investigations by [51,52] indicate
that bacterial cellulose performs optimally with the EDTA eluent. In each adsorption and
desorption process of each biomass, the same analyses were carried out to determine the
influence of the EDTA eluent on the biomass, along with all the parameters previously
detailed. Table 5 shows the elutions and the behavior of all biomasses.

The elutions did not compromise the behavior of their isotherms, but as the elutions
were carried out, they approached the Freundlich isotherms and moved away from the
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Langmuir isotherm. This was due to the loss of adsorption capacities, in turn due to the
gradual wear on the bacterial cellulose biomass caused by the same eluent. The Ks value
was established using the equation developed by Freundlich.
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Table 5. The elutions and behavior of all biomasses.

Biomass Elutions Kf (cm/min) Volume Goal
(L)

Time Break
(min) Ks (1/s) Isotherm

Equation Qm

BC (1)

1 0.98 4.5 500 0.017 Langmuir 58
2 0.98 4.4 450 0.018 Langmuir 55
3 0.96 4.4 440 0.019 Langmuir 52
4 0.88 4.0 410 0.020 Langmuir 50

BC (2)

1 0.90 4.1 458 0.020 Langmuir 56
2 0.90 4.0 450 0.021 Langmuir 54
3 0.89 3.5 410 0.022 Langmuir 50
4 0.80 3.0 390 0.022 Freundlich 44

BC (3)

1 0.90 4.1 450 0.022 Langmuir 55
2 0.88 3.8 440 0.023 Langmuir 50
3 0.88 3.5 380 0.023 Langmuir 45
4 0.82 3.1 360 0.024 Freundlich 40

3.2. Redesign of Process Treatment

The redesign conditions were established by considering the similarity relationship
between the contact area, biomass and volume of water transferred, as well as the elution
processes. The best conditions of Kf and Ks were then established; Figure 6 shows the
scaling of both process.

In the Figure 6, in the which observed the characteristics of the biomass of bacterial
cellulose, with chemical bonds in the adsorption of Cr (VI) [16]. The biomass to be treated,
which was around 50 L of water, was calculated using Equation (15), which solved the
mass of the equation. This was undertaken because we had Kf and Ks.

The values of Kf and Ks in the pilot-scale prototype were found to be of a similar
magnitude to those found at the laboratory scale, due to similar conditions. The treatment
was found to be very similar, with an inlet concentration of 500 mg/L and a flow rate that
was the same.
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The extension was carried out using the representative models of Kf and Ks, due to
similar conditions in the treatment and relationship between contaminant and bacterial
cellulose biomass. This proved to be an appropriate procedure in the treatment of 500 mg/L
of Cr (VI) and around 50 l of water. Equation (23) was used, where all the biomass
information was available and the Table 6, shows the parameters of scaling.

MA =
(ppqmBCs − qBCs − q)vLkS

3(kFBCs2 + kFCs)

In the Table 6, is observed that, a pilot-scale prototype was constructed using 450 g of
biomass, including the elution processes, with the data obtained from the aforementioned
processes. The flow rate used was 200. Figure 7 shows the process of treatment.

Table 6. Parameters of scaling.

Diameters M (g) Volume
Mass (Vb)

Density
Mass (pb)

Caudal
mL/min

Volume
Treat (L) Elutions

BC (1) 50 80 0.62 20 5 4
Scaling 450 500 0.58 200 550 3

The device created in this research carried out an effective treatment of 450 L of
water contaminated with 1000 mg/L of Cr (VI) with four elution cycles under the same
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conditions as in the laboratory-scale treatment. The pilot-scale prototype was constructed
using 450 g of biomass, including the elution processes, with the data obtained from the
aforementioned processes.
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4. Conclusions

The production of bacterial cellulose in a laboratory setting represents an economical
and straightforward technique for the development of treatment systems for industrial
wastewater contaminated with heavy metals. The high level of adsorption of this material,
with a particle diameter of 0.212 mm, was confirmed due to the high level of contact between
the contaminant and this biomass. Based on this information and mathematical modeling
of extra-particle and intra-particle diffusion, together with representative isotherms, a
treatment system was developed at a scale appropriate for the treatment of an effluent from
a company that contaminates with Cr (VI). The results of the model indicated the specific
route for the construction of a treatment system at an industrial scale, with the experimental
data adjusted to achieve this objective. A pilot-scale prototype was constructed utilizing
450 g of biomass, incorporating elution processes and incorporating the data obtained from
the aforementioned processes. The excellent efficiency of the two models at different scales,
together with the excellent elution results where the design variables were implemented
in the EDTA elution process, providing more complete adsorption capabilities, suggests
that this prototype could be presented to polluting industries for the treatment of waters
coming from different industrial effluents. This represents an advanced biotechnology for
the treatment of industrial wastewater. It is anticipated that bacterial cellulose biomass
will be applicable for the removal of diverse effluents contaminated with heavy metals and
implemented in wastewater-polluting industries, representing a transformative model of
advanced biotechnology in the treatment of industrial wastewater.
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Abstract: This study investigates the densification/granulation of activated sludge with poor set-
tleability, treating real industrial wastewater from a tank truck cleaning company. The wastewater is
low in nutrients, acidic in nature, and high and variable in chemical oxygen demand (COD, rang-
ing from 2770 mg·L−1 to 14,050 mg·L−1). A microbial selection strategy was applied to promote
slow-growing glycogen-accumulating microorganisms (GAO) by the implementation of an anaerobic
feast/aerobic famine strategy in a sequencing batch reactor (SBR). After 60 to 70 days, the uptake
of carbon during the anaerobic phase exceeded 80%, the sludge morphology improved, and the
sludge volume index (SVI) dropped below 50 mL·g−1. 16S rRNA gene sequencing showed the
enrichment of the GAOs Defluviicoccus and Candidatus Competibacter. Stable sludge densification
was maintained when using a constant organic loading rate (OLR) of 0.85 ± 0.05 gCOD·(L·d)−1,
but the sludge quality deteriorated when switching to a variable OLR. In view of the integration of
densified/granular sludge in a membrane bioreactor configuration, the filtration properties of the
densified SBR sludge were compared to the seed sludge from the full-scale plant. The densified sludge
showed a significantly lower resistance due to pore blockage and a significantly higher sustainable
flux (45 vs. 15 L·(m2·h)−1).

Keywords: aerobic granular sludge (AGS); anaerobic feeding; bulking sludge; filamentous
microorganisms; membrane bioreactor (MBR); organic loading rate (OLR)

1. Introduction

The activated sludge (AS) process is widely used in the biological treatment of domes-
tic and industrial wastewater for the removal of organic matter (C) and nutrients (mainly,
nitrogen (N) and phosphorous (P)) [1]. The AS process consists of two tanks, namely the
aeration tank, where the biological reactions take place, followed by the secondary settling
tank, where sludge is separated from the effluent by sedimentation. After settling, the
effluent is discharged, and sludge is recycled back into aeration tank. Sludge separation
from the effluent represents a significant challenge in AS processes and affects about 50% of
biological wastewater treatment plants worldwide [2]. In Flanders (Belgium), one-third of
biological wastewater treatment plants are facing problems due to sludge bulking [3]. The
reasons for sludge bulking are nutrient deficiency, limited oxygen supply, low organic load
rate (OLR), and low pH (<6.5). Besides these, the slow feeding of readily biodegradable
COD (rbCOD) under aerobic conditions also negatively impacts sludge settling [4].

To control sludge bulking, both unspecific (curative) and specific (selector-based)
preventive strategies are applied. Unspecific methods involve chemicals such as chlorine
(Cl2), ozone (O3), hydrogen peroxide (H2O2), iron, or aluminum salts to eliminate fila-
mentous microorganisms extending from the flocs [5]. However, they have drawbacks
like being temporary solutions and often negatively affecting nitrifiers, denitrifiers, and
polyphosphate-accumulating organisms (PAOs) [6,7]. A selector is a small tank placed up-
stream from the main aeration tank that receives recycled sludge and influent wastewater,
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resulting in a high substrate concentration. The principle of aerobic selectors is based on the
premise that creating a high food-to-microorganism ratio (F/M) to low F/M ratio gradient
generates a ‘feast’-to-‘famine’ regime. The high substrate availability during the feast
phase promotes preferential growth and simultaneous substrate storage by floc-forming
microorganisms. The stored substrate is then used for growth in the famine phase when
the F/M ratio decreases, granting these organisms a competitive advantage [8]. Aerobic
selectors need to be operated at high F/M ratios of 3–12 gCOD·(gVSS·d)−1 [9]. The quality
of the organic matter also plays a role in the effectiveness of aerobic selectors, and the
presence of high amounts of particulate organic matter (POM) can be harmful to its perfor-
mance. Anaerobic selectors select for floc-forming bacteria that store rbCOD and use the
stored substrate for growth in the subsequent aerobic phase. Filamentous bacteria lacking
substrate storage capacity under anaerobic conditions are then outcompeted [10].

The anaerobic feast and aerobic famine regimes favor the selection of slow-growing
microorganisms such as PAOs and glycogen-accumulating organisms (GAOs), which
are the main contributors to granulation [11–13]. The growth of PAOs and GAOs is
enhanced by the availability of rbCOD in the influent [14]. In the anaerobic selector, the
sludge in suspension contacts the influent, where rbCOD is fully utilized and converted to
polyhydroxyalkoate (PHA). In the subsequent aerobic phase, these PHAs are oxidized for
microbial growth [15]. The densification of the sludge is not only based on the anaerobic
uptake of rbCOD, but it should also be concentrated on the best settling fraction of the
sludge. In the bottom feeding strategy, both conditions are fulfilled, as there is a higher
probability that the best-settling sludge will remain on the sludge bed. This process design
results in well-settling dense sludge, which is further improved by selective discharge of
the worst-settling sludge. The leakage of rbCOD into the aerobic phase, either directly or
through the hydrolysis of POM, favors the growth of ordinary heterotrophic organisms
(OHOs), which is detrimental to granulation. According to one study, a 20% leakage
of rbCOD into the aerobic phase has no detrimental effect on the settling of granular
sludge [16].

Aerobic granular sludge (AGS) is an innovative technology for industrial and domestic
wastewater treatment. AGS has a dense, compact, and spherical structure and high biomass
retention as compared to conventional floccular AS [17]. Also, AGS has easy dewaterability,
which improves the quality of the effluent. These properties give a higher settling velocity
(18–40 mph), which eliminates the requirement of a secondary clarifier tank [18]. Due to the
compact size, the AGS reactor needs 25–30% less energy and 50–75% lower land footprint.
These microenvironments help diverse microbial communities to coexist in a single granule,
which makes a granule a hub of mini-ecosystems. This diversity of microorganisms leads
to the removal of organic matter, nitrogen, and phosphorus in a single AGS reactor [19].
In AS, the COD is oxidized directly, while, in AGS, the COD is first converted to storage
polymers and then oxidized. In addition, due to the large granule size, aerobic and anoxic
zones coexist, which allows for simultaneous nitrification and denitrification.

There are many factors that affect the cultivation of AGS, such as the feeding strategy,
the type of substrate, and the organic loading rate (OLR). The OLR, which depends on the
strength of wastewater, ranges from 0.6 to 24 gCOD·(L·d)−1 for AGS cultivation [20]. A
high OLR results quickly in large but unstable granules, while a low OLR slowly forms
small and compact granules, sometimes failing too [21]. When the OLR is changed during
a reactor operation, an imbalance between the feast and the famine phase may occur,
which gives an opportunity to filamentous microorganisms to proliferate at the cost of
slow-growing microorganisms, leading to worsening of the sludge structure [22]. The
change in the microbial community thus influences the granule stability, as well as the
performance of the reactor. In a previous study by Adav et al. [23], the stepwise increase of
the OLR from 9 gCOD·(L·d)−1 to 12 gCOD·(L·d)−1 led to a loss of microbial diversity, and
a high OLR functional microbial community was selected.

Over the last decade, membrane bioreactors (MBRs) have gained attention due to
their small footprint, excellent effluent properties, the ability to withstand high OLR, and
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the application of a high sludge concentration [24]. In MBRs, activated sludge processes
are combined with membrane filtration to separate the effluent from sludge. However,
membrane biofouling is the main barrier for the wide application of MBR technology, as this
increases its operational and maintenance costs [25,26]. The sludge properties that cause
biofouling are the mixed liquor suspended solids (MLSSs) concentration, the particle size
of flocs, the soluble microbial products (SMPs), and the extracellular polymers substances
(EPSs) [27].

To mitigate the fouling problem of conventional MBRs, the aerobic granular sludge
membrane bioreactor (AGMBR) concept has been proposed as an alternative. AGMBR
combines AGS and MBR for municipal and industrial wastewater treatment [28]. Due to
its granular and larger structure, AGS is believed to reduce pore blockage and to form a
loose cake layer, ultimately leading to increased permeability [29]. One study showed that,
under the same conditions, conventional MBRs have 27-times higher fouling rates than
AGMBRs [30]. The reason for the better filtration properties of AGS is due to its higher
hydrophobicity than conventional AS [28]. In addition, AGMBR can be operated at higher
sludge concentrations (up to 20 g·L−1) [31].

Using anaerobic feast/aerobic famine conditions, AGS have been cultured in SBR for
the treatment of different industrial WW, such as the tank truck cleaning industry [32],
dyeing industry [33], potato processing industry [34], and brewery industry [35]. However,
to the best of our knowledge, there is no study available that shows aerobic granulation
with the application of a microbial selection strategy only when treating high strength and
variable industrial WW and how this strategy impacts the sludge filtration properties in
a MBR.

This study investigates the densification of sludge with poor settleability, originating
from a full-scale tank truck cleaning company (TTC) usually transporting chocolates and
beverages. The wastewater originating from the TTC is low in nutrients, acidic in nature,
and high and variable in COD. In addition, the evolution of the filterability of the sludge
was determined to study the effect of the densification strategy on the filtration properties.

2. Methods
2.1. Laboratory-Scale SBR Reactor Set Up

A lab-scale SBR with a working volume of 10 L and height-to-diameter ratio = 1 was
operated for 165 days at room temperature (20 ± 3 ◦C). The SBR reactor was equipped
with a mechanical stirrer (RZR2020, Heidolph Instruments, Schwabach, Germany) to
keep the sludge in suspension, and its speed was 120 revolutions per minute (rpm). A
feeding pump (ES-B16VC-3, IWAKI, Tokyo, Japan), a discharge valve (Eriks RX10.X33.S00,
ERIKS, Berchem, Belgium), a 13-cm diameter aeration disc (Aquadistri), and an aeration
pump (Super Fish Koi Flow 60, Aquadistri, Klundert, The Netherlands) were also used
for the stable operation of the reactor. Process operation was controlled by a Siemens
PLC and a custom-built LABVIEW™ program (National instruments, Austin, TX, USA). A
luminescent dissolved oxygen (LDO) sensor (Hach, Loveland, CO, USA) was used, and the
DO level was kept between 1 and 4 mgO2·L−1 during the aerobic phase.

The seed-activated sludge for the SBR reactor was taken from a full-scale TTC plant.
At the start of the experiment, when the sludge properties such as settling, dewaterability,
and filterability were not good, the anaerobic feeding step (of 300 min) was followed by
an (unfed) anaerobic reaction step (of 180 min) and an aerobic reaction step (of 860 min).
The hydraulic retention time (HRT) varied between 4 and 9 days, depending upon the
COD of the influent. After day 55, when the sludge properties improved, the anaerobic
reaction was reduced to 60 min, while the aerobic reaction was increased to 1020 min.
From days 69 to 130, a constant OLR was applied. The OLR was kept constant at a value
of approximately 0.85 ± 0.05 gCOD·(L·d)−1 by adjusting the volume fed to the reactor.
The volume of wastewater fed varied between 1.1 L·d−1 and 2.4 L·d−1, depending on the
influent COD. From day 130 onward, a variable OLR was applied to investigate its effect
on the sludge characteristics and the reactor performance. At this stage, a fixed volume
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of wastewater was fed (2 L·d−1). The 24-h SBR reactor cycle ended with settling (55 min)
and discharge (4 min). The sludge retention time (SRT) was held constant at approximately
30 days by wasting mixed sludge daily from the reactor. The reactor was fed with the real
TTC wastewater.

2.2. Set Up of Membrane Filtration Unit

A lab-scale membrane microfiltration unit was used to quantify the sludge filtration
properties. A Kubota A4 size membrane (Type 510 cartridge, Osaka, Japan, with a surface
area of 1040 cm2 and average pore size of 0.2 µm) was used in a submerged design
inside a Plexiglas cascade. An air pump (Aqua Forte V-30, SIBO BV, Doornhoek, The
Netherlands) was used to supply air through a bubble aerator at the bottom of the reactor.
To recycle the filtered effluent, a peristaltic pump (Heidolph 5101, Schwabach, Germany)
was used. To control the filtration process, a custom-built LABVIEW™ program (National
Instruments) was used. Different fluxes were applied stepwise for sludge filtration, ranging
from 5 L·(m2·h)−1 to 55 L·(m2·h)−1 with an air flowrate between 3.5 and 4 m·s−1. The
flux of each magnitude was run twice with equal time intervals to check for irreversible
fouling. The average transmembrane pressure (TMPavg), permeability, fouling rate (FR),
and sustainable flux were calculated as mentioned by Tsertou et al. [36]. FR is an increase
in the TMP as a function of time. It is calculated as the slope of TMP to time in minutes.

A clean water filtration test was carried out before (CW1) and after (CW2) the sludge
filtration test. The CW filtration tests were carried out at a single flux rate of 55 L·(m2·h)−1

for 10 min, while the sludge filtration test was carried out at different flux ranges from
5 to 55 L·(m2·h)−1 (Figure 1). During the sludge filtration test, the flux was increased in
steps of 10 min each. After each step, a relaxation time of 5 min was allowed to remove the
reversible cake layer by air flushing. At the end of the sludge filtration test, the membrane
was gently washed with demineralized water to remove the cake layer. By manually
removing the cake layer, the cake layer resistance is assumed to be 0. In our experiment,
variable flux was used to investigate its effect on TMP change. The sludge filtration allows
the estimation of the different contributors to the total membrane resistance, based on the
clean water tests CW1 and CW2.
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Figure 1. Flux profile for sludge filtration.

To determine the membrane resistance, Darcy’s Law [37] was used:

Rt = Rm + Rf = Rm + Rp + Rc = Rm +Rp + 0
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Rt = Rm + Rp

Rm =
TMPcw1
Flux × µ

Rt =
TMPcw2
Flux × µ

Rp = Rt − Rm

where Rt is the total resistance, Rm is the membrane resistance, Rf is the fouling resistance,
Rp is the resistance by pore blocking, Rc is the cake layer resistance, and µ is the viscosity
of the demineralized water (µ = 0.001 Pa·s). As the cake layer was removed manually, Rc is
assumed to be 0.

2.3. Analytical Techniques

For the measurement of the influent and effluent parameters in the low range (Test
0-36 COD LR 150) for soluble COD (sCOD) and high range (Test 0-38 COD HR 1500) for
total COD, a volatile fatty acid (VFA) test kit (Test-050 Ref: 985050), total nitrogen (Test-083
Ref: 985083), and total phosphorus (Test-080 Ref: 985080) test kits from Macherey-Nagel
(Duren, Germany) were used. A Sievers InnovOx laboratory total carbon analyzer (Veolia,
Aubervilliers, France) was used to measure the DOC. Nutrients were measured using an
AQ300 discrete analyzer (SEAL Analytical, Inc., Southampton, UK). A pH meter of Hanna
Instruments (HI 991003, Temse, Belgium) was used for pH measurement and a turbidimeter
(Hach, Germany) for turbidity. All samples (except total COD) were filtered on 1.2-µm
microfiber glass filters (VWR International, Leuven, Belgium) prior to analyses.

For the sludge analyses, biomass concentrations such as mixed liquor (volatile) sus-
pended solids (ML(V)SSs) and the (diluted) sludge volume index ((D)SVI) were measured
according to the standard method (APHA 1998). For the DSVI, the dilution factor was
2 times with the effluent. Sludge morphology was analyzed using an Olympus microscope
(CX 43, Tokyo, Japan) with a bright field and phase contrast. The capillary suction time
(CST) of the sludge was determined using a type 304B (Essex, UK).

2.4. In Situ DOC Substrate Removal

In situ DOC removal experiments were carried out regularly to determine the DOC
removal during the anaerobic feeding and reaction step. Samples were taken at the start
of the anaerobic feeding step and just before the end of the anaerobic phase. All sludge
samples were filtered by fiberglass filter before analysis. The following formula was used
to calculate the DOC removal during the anaerobic step:

% Anaerobic DOC removal = 100 × DOCs − DOCe
DOCs − DOCc

DOCs is DOC right after feeding, DOCe is the DOCs at the end of the anaerobic step,
and DOCc is the DOCs at the end of the SBR cycle.

2.5. DNA Extraction and Bacteria 16S rRNA Gene Sequencing

To extract DNA from the nine activated sludge samples, 0.50 mL of each sample
was processed using the FastDNA Spin Kit for Soil (MP Biomedicals, Santa Ana, CA,
USA), following the manufacturer’s instructions. The frozen samples were then shipped
to DNAsense ApS (Aalborg, Denmark) for library preparation, sequencing, and bioin-
formatics processing. The gene amplicon sequencing targeted the bacterial 16S rRNA
gene variable regions 1–8 (bV18-A); after which, a taxonomic classification was conducted
against the MiDAS 5.2 database. A custom DNAsense ApS (Aalbor, Denmark) protocol
was used to prepare amplicon libraries for the 16S rRNA gene variable regions 1–8 (bV18-A)
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sequencing. Up to 25 ng of extracted DNA served as the basis for PCR amplification, each
sample receiving custom 24 nt barcode sequence forward and reverse primers. The result-
ing amplicon libraries were purified using the standard protocol for CleanNGS SPRI beads
(CleanNA, Waddinxveen, The Netherlands) and then prepared using the SQK-LSK114
kit (Oxford Nanopore Technologies, Oxford, UK), according to the manufacturer’s in-
structions, in addition to a few modifications. Next, the sequencing library was loaded
onto a PromethION R10.4.1 flow cell and sequenced using MinKNOW 23.11.4 software
(Oxford Nanopore Technologies, UK). Reads were base-called and demultiplexed with
MinKNOW Dorado 7.2.13. The project also utilized DNASense’s custom bioinformatics
workflow (version MGA_ONT_DS240221) for bioinformatics processing. The sequencing
reads in the fastq files were first filtered for length and quality and then mapped to the
QIIME-formatted MiDAS version 5.2 database. Further bioinformatics processing was
conducted using RStudio IDE (2023.12.1.402), running R version 4.3.2 (2023-10-31) and
employing R packages such as ampvis2 (2.8.7).

3. Results and Discussion
3.1. Characteristics of the Industrial Wastewater

The TTC deals with the cleaning of tanks that transport various types of brewery
and chocolate, generating highly variable wastewater. The lab-scale SBR was fed with
18 different batches of influent wastewater with COD values ranging from 14,050 mg·L−1

to 2770 mg·L−1 (Figure 2). The average total COD was 5967 mg·L−1 (standard deviation
(SD) = 2437 mg·L−1, %CV = 42%), and the average soluble COD (sCOD) was 5135 mg·L−1

(SD = 2122 mg·L−1, %CV = 42%). On average, the sCOD was 86% of the total COD. The
average ratio of COD to dissolved organic carbon (DOC) was 3.2. The influent wastewater
was acidic, with an average pH of 3.22. Therefore, the pH was adjusted to 7 by using 1 M
NaOH. A COD:N:P ratio of 100:3:0.5 was applied to provide nutrients by adding NH4Cl
and K2HPO2.
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Figure 2. COD values of all batches of influent wastewater collected from the full-scale TTC company.

Figure 3 shows the evolution of the OLR values. The OLR was not constant when the
reactor was started with the seed sludge. The initial MLSS values of the sludge were high,
and sludge washout was observed due to poor sludge settling. When the sludge settling
improved on day 69 (SVI30 = 113 mL·g−1), a constant OLR of 0.85 ± 0.05 gCOD·(L·d)−1

was applied by varying the volume of the influent feed. After day 130, a variable OLR was
applied by a constant daily feed of 2 L influent into the reactor.
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3.2. In Situ DOC Removal

The purpose of the anaerobic feeding and reaction step is to allow uptake of the
readily biodegradable organic carbon by the substrate storing organism. During feed-
ing, the high concentration of substrate in the feed penetrates the entire depth of the
sludge. Under anaerobic conditions, this readily biodegradable COD is converted into
storage polymers such as PHA and glycogen by PAOs and GAOs [38]. When oxygen is
supplied to the microorganisms in the subsequent aerobic phase, the internally stored
polymers are slowly consumed for the production of a new biomass. As the growth of
heterotrophic microorganisms on storage polymers is low compared to their growth rate
on readily biodegradable carbon substrate, stable and dense granulation is possible. If
the readily biodegradable substrate would not be converted to storage polymers in the
anaerobic phase, the granule structure will be fluffy, and filamentous bacteria may be
stimulated [21].

At the beginning of the experiment, the total anaerobic phase lasted 480 min, and
the anaerobic DOC removal was 47% (Figure 4), which means more than half of the
biodegradable substrate entered the aerobic phase. At this stage, the sludge was highly
flocculated, and its sedimentation was poor (SVI30 = 155 mL·g−1). After a few days, the
anaerobic DOC uptake decreased to 30% and then further to 24%. During this period,
a decrease in MLSS was observed due to sludge washout. On day 35, the anaerobic
DOC removal increased to 63%. On day 42, the DOC removal decreased slightly to 54%.
However, the DOC removal efficiency soon reached 73% and then increased steadily to
94% on day 69. At this time, the filamentous microorganisms were almost gone from the
sludge, the floc size increased, and the settling characteristics improved (see below). From
day 69 to the end, the DOC removal efficiency during the anaerobic phase was over 84%. A
constant OLR of 0.85 ± 0.05 gCOD·(L·d)−1 was applied from day 69 until day 130. During
the constant OLR period, an average of 7.71 mg·L−1 of DOC leaked into the aerobic phase.
After day 130, when a variable OLR was applied, an average of 11.45 mg·L−1 of DOC
leaked into the anaerobic phase.
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3.3. Sludge Properties
3.3.1. Sludge Concentration ML(V)SS

The MLSS of the seed sludge was 11.7 g·L−1 and MLVSS was 9.6 g·L−1 (Figure 5). On
day 4, the MLSS decreased to 6.65 g·L−1. The sudden decrease in the MLSS is attributed to
washout of loose sludge flocs due to bad settling. The decline in MLSS continued until day
44, when it became stable. At this point, a SRT of 30 days was applied. From day 44 to day
98, the MLSS values were between 6 g·L−1 and 8.6 g·L−1. On day 140, the MLSS reached
10.4 g·L−1 when a high COD of 14,050 mg·L−1 was fed [39]. From day 145, the SRT was
lowered to 25 days to reduce the sludge concentration for proper aeration. In Figure 5 the
evolution of the ML(V)SS is given.
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3.3.2. Settleability

The change in settleability of the sludge is shown in Figure 6. The SVI30 of the seed
sludge was 147 mL·g−1, but due to the high sludge concentration, this means it did not settle
at all. The DSVI was 295 mL·g−1. From day 40, the sludge settleability improved gradually
until day 70. On day 89, the SVI30 reached the value of 26 mL·g−1. The sludge settleability
was stable until day 130 but then deteriorated when the reactor operation switched to the
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application of a variable OLR. Bad settling was caused by filamentous bulking, which
continued to increase until day 166, as evidenced from microscopic analyses. Filamentous
bulking resulted in poor settleability of the sludge (SVI30 values above 120 mL·g−1) [40].
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3.3.3. CST

The CST of the sludge was measured regularly to characterize its dewaterability. The
CST of the seed sludge was infinite. On day 4, the CST dropped to 543 s, and it decreased
further to 48 s on day 13 and to 10 s on day 57. Afterwards, the CST value was almost stable
at 11 s until the end of the study. A study by Wang et al. [41] showed that a larger floc size
and lower amount of SMP are the main reasons for a low CST. It should be noted that a
high CST is correlated to poor filtration properties and could result in elevated membrane
fouling [42].

3.3.4. Microscopy

Microscopic analysis (Figure 7) was carried out to monitor the development of the
sludge morphology. The structure of the flocs is an indicator of undesirable sludge charac-
teristics. The seed sludge came from a plant where carbohydrate-rich influent is treated.
The seed sludge on day 0 was free of filamentous microorganisms but had very small
flocs. The complete absence of filamentous bacteria results in small, weak, and dispersed
flocs [43]. On day 27, some filamentous growth appeared, which may aid in the granulation
process [44]. On day 54, the flocs increased in size with the presence of a few filaments.
On day 78, the filaments disappeared completely, and the flocs increased in size and were
more compact in shape. During this period, the anaerobic DOC removal increased to 94%
(Figure 4), indicating that the substrate had completely penetrated the flocs, resulting in
smooth flocs. In addition, the settling characteristics of the sludge greatly improved during
this time (SVI30 = 26 mL·g−1), as compact flocs have a high settling velocity. On day 117,
some filaments reappeared on the flocs, and the size of the flocs also increased with the
improved settling. On day 127, the OLR was changed from constant to variable mode. On
day 151, after switching to a variable OLR operation, filaments dominated the sludge, and
the settling capability deteriorated again [25]. The reason for the dominance of filamentous
organisms during the variable OLR period was probably the availability of rbCOD and
hydrolyzed products in the aerobic phase, as a higher amount of DOC (11.45 mg·L−1)
leakage was observed in this period. The increased DOC leakage into the aerobic phase has
harmful effects on densification [45,46].
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3.3.5. Microbial Community

Microorganisms from the phylum Bacteriodota and Patescibacter were in abundance
in the seed sludge. The most abundant genus was Ca. Epiflobacter from Bacteriodota and
midas_g_8390 from Patescibacteria, with an abundance of 16.26%. The role of midas_g_8390
is still unclear, while Ca. Epiflobacter degrades proteins, polysaccharides, and complex
molecules [47]. At the start, the flocs were small, and the sludge was facing a viscous
bulking problem with no settling and infinite CST. On day 19, microorganisms from the
phylum Bacteriodota were still predominant, with the OHO Terrimonas high in abundance,
reaching 37.5%. The values of the CST, SVI, and anaerobic uptake were not good at
this time. From day 60, the sludge morphology showed significant densification, the
anaerobic DOC uptake was high, and the CST reached low values. During this time, the
GAO Candidatus Competibacter became the most abundant GAO, followed by the genus
Defluviicoccus. Candidatus Competibacter secretes EPS to form compact AGS [48,49]. The
substrate of the second-most abundant GAO Defluviicoccus is propionate and butyrate, and
the formation of alginate-like extracellular polymers are linked to Defluviicoccus [50,51].
The overall abundance of GAOs reached 8% on day 82. The flocs become denser and
larger in size without any filaments. The overall abundance of the PAOs and GAOs
reached 12% on day 117. The PAO Candidatus Accumulibacter appeared during the variable
OLR phase and reached a maximum value of 0.23% on day 161. A study conducted by
Caluwe et al. [52] to form hybrid granular sludge using microbial selection found that the
PAO abundance was never more than 1%, and Defluviicoccous and Candidatus Competibacter
were the common genera of the GAOs. These GAOs can store VFA and convert them
into PHA under anaerobic conditions. The storage by GAOs of rbCOD under anaerobic
conditions and preventing its leakage to the aerobic phase hinders filamentous organism
growth. Another study conducted by Tsertou et al. [11] also found that Defluviicoccus
and Candidatus Competibacter were the most common GAOs. A study carried out by
Burzio et al. [53] found that Candidatus Competibacter was more dominant in AGS while
treating complex synthetic water. Li et al. [51] found that the Defluviicoccus and Candidatus
Competibacter abundance ranged from 16.88% to 39.31% in a successful AGS cultivation.
A study by Begum et al. [54] showed that a high abundance of Defluviicoccus resulted in
the deterioration of P-removal in the enhanced biological phosphorous removal (EBPR)
system. The abundance of filamentous organisms was low until variable OLR was applied
from day 130 onwards. The filamentous organisms Thiothrix and Leptothrix from the
phylum proteobacteria appeared in the sludge and also affected the sludge morphology
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(Figure 6). Thiothrix is a common filamentous organism in WWTPs and its presence
negatively correlates with settling. On day 161, the abundance of filamentous organisms
reached 11%. The increase in abundance of filamentous MOs was related to the increase
in SVI values, but the CST and the anaerobic DOC uptake values were not affected. In
Table 1a–c, the abundances of GAOs, PAOs, and filamentous microorganisms are listed.

Table 1. (a) Abundance of genera of the GAOs found in the SBR (%). (b) Abundance of genera of the
PAOs found in the SBR (%). (c) Abundance of genera of the filamentous microorganisms found in the
SBR (%).

(a)

Genus/Day 0 19 60 82 104 117 141 161

Defluviicoccus;
Proteobacteria 1.489 0.098 1.850 3.021 2.123 5.837 2.034 1.260

Candidatus_Competibacter;
Proteobacteria 0.405 0.000 6.018 4.401 3.934 4.173 3.437 1.680

Propionivibrio;
Proteobacteria 1.963 1.188 0.032 0.217 0.121 0.088 0.170 0.024

Micropruina;
Actinobacteriota 0.000 0.000 0.025 0.000 0.056 0.173 0.493 0.104

(b)

Genus/Day 0 19 60 82 104 117 141 161

Candidatus
Accumulibacter;

Proteobacteria
0.00 0.00 0.00 0.09 0.00 0.00 0.19 0.23

Tetrasphaera;
Actinobacteriota 0.02 0.00 0.08 0.00 0.08 0.05 0.03 0.00

(c)

Genus/Day 0 19 60 82 104 117 141 161

Thiothrix; Proteobacteria 0.00 0.00 0.00 0.07 0.01 0.06 6.73 9.81

Ca_Villigracilis; Chloroflexi 0.00 0.00 0.13 0.33 0.27 0.80 0.22 0.29

Lewinella; Bacteroidota 0.05 0.04 0.07 0.08 0.08 0.14 0.03 0.06

Kouleothrix; Chloroflexi 0.00 0.00 0.02 0.00 0.04 0.04 0.28 0.10

Erysipelothrix; Firmicutes 0.35 0.01 0.00 0.00 0.02 0.00 0.00 0.00

3.4. Membrane Filtration Experiments

The membrane filtration process operates in two modes: the constant flux and the
constant TMP modes. In the constant flux mode, the TMP rises as fouling occurs to maintain
a constant flux. In the constant TMP mode, the permeability declines as a result of fouling
to maintain a constant TMP. In our experiments, the constant flux mode is used for the
filtration tests. For SBR sludge, the TMPavg increased with the increasing flux as the
fouling potential increased. The minimum TMPavg of 0.9 mbar was observed at a flux of
5 L·(m2·h)−1, and the maximum TMPavg was observed at a flux of 55 L·(m2·h)−1, which was
29.4 mbar. The permeability first decreased and then increased at a flux rate of 15 L·(m2·h)−1.
After the flux of 15 L·(m2·h)−1 was reached, the permeability decreased continuously and
reached a minimum value at the flux of 55 L·(m2·h)−1. The permeability decreased as
the flux rate increased and as the chances of fouling increased. When fouling occurs, the
available pores for permeation become limited, which reduces the overall permeability [55].
For SBR sludge, the contribution of irreversible fouling to the initial permeability loss
was almost 20%. During the relaxation step, a fraction of the cake layer was removed,
which helped in regaining the permeability. At higher flux rates, the cake layers were

82



Water 2024, 16, 2087

probably too difficult to be removed completely during relaxation, leading to continuous
permeability losses [56]. The sustainable flux (SF0.5) is the flux at which the fouling rate
(FR) remains below the value of 0.5 mbar·min−1, as shown by Stes et al. [57]. The concept
of sustainable flux is suitable to determine the practical and economic feasibility of the
filtration processes. In SBR sludge filtration, the FR crossed the value of 0.5 mbar·min−1

at the flux of 50 L·(m2·h)−1. The SF0.5 value for the lab-scale SBR sludge was therefore
45 L·(m2·h)−1. The flocculent sludge from the full-scale TTC treatment plant showed very
high values of TMPavg and FR and low values for permeability as compared to the lab-
scale SBR cultivated sludge. First, the TMPavg increased steadily up to 10.1 mbar until
a flux of 20 L·(m2·h)−1. The FR value at a flux of 20 L·(m2·h)−1 was 0.52 mbar·min−1,
which showed that the SF0.5 for the full-scale sludge was 15 L·(m2·h)−1 [58]. For the TTC
sludge, the contribution of irreversible fouling was 40% after the initial permeability loss.
In SBR sludge filtration, the average membrane resistance due to pore blockage (Rp) was
5.3 × 1010 m−1, which was 2.1 times lower than the Rp of the TTC sludge. During the
filtration of the full-scale sludge, the main reason for fouling was the cake layer with the
contribution of pore blocking, while, during filtration of the lab-scale SBR sludge, pore
blocking was the sole factor for fouling [59]. The comparison of TMPavg, permeability and
FR of the seed sludge from full-scale and SBR cultivated sludge are shown in Figure 8a,b.
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The findings of Tsertou et al. [36] confirm our results. Their study was to check the
performance of AGS and conventional AS in membrane filtration, and it was shown that the
SF0.5 value for AGS was higher than for activated sludge. For AGS, the FR never exceeded
0.1 mbar·min−1 at a maximum flux of 55 L·(m2·h)−1, while the SF0.5 for conventional
sludge was less than 35 L·(m2·h)−1. The permeability of AGS was also more than twice
that of conventional AS. The high SF0.5 value indicates less fouling problems.

Truong et al. [60] also carried out a comparative study of AGS and AS. They found
that the Rc of AS was 4–13 times higher than AGMBR, resulting in two to three-times
higher Rt for AS than AGMBR. Iorhemen et al. [29] also compared the filtration results
of AGS and AS. They observed that the TMP increased more rapidly in AS than in AGS.
The reasons for the rapid increase in TMP for AS were that AS was easily deposited on
the membrane surface, resulting in a dense cake layer and pore blockage. For AGS, the
large and rigid structure of AGS causes shear on the membrane surface, which mitigates
the fouling. Wang et al. [37] conducted filtration experiments on AGS and AS. They found
that fouling was higher in AS than in AGS because of the larger AGS particle size. In a
study by Zhang et al. [24], it was concluded that pore blocking was the main form of the
fouling in the AGMBR.

3.5. Unsuccessful Granulation

The objective of this study was to form AGS starting from floccular sludge using
microbial selection only. The results showed that the applied strategy resulted in a more
densified sludge as compared to the initial full-scale sludge, but full granulation was not
achieved. AGS has some unique features, like a SVI30 of less than 50 mL·g−1, SVI10/SVI30
value of approximately 1, and a minimum size of 200 µm. In our experiment, the lowest
SVI30 value was 26 mL·g−1, the SVI10/SVI30 was 1.16, and the DV50 of the flocs reached
254 µm, but its shape was never spherical. There are two possible reasons for the incomplete
granulation in our experiment. These reasons are:

1. High settling time: The settling of the reactor in our experiment was 55 min. For AGS,
the settling time should be less, so the loose flocs are washed out, and the best settling
flocs remains in the reactor. In AGS formation, typically, a short settling of 2–10 min is
applied [20].

2. High particulate COD (pCOD): A high amount of pCOD in the influent is not good for
granulation. In our experiment, the average pCOD value was 832 mg·L−1. In pCOD,
the most challenging part is the slowly biodegradable fraction, which is hydrolyzed
to rbCOD in the reactor. The leakage of rbCOD to the aerobic phase favors OHO, and
it is detrimental to granulation [48].

4. Conclusions

The aim of this study was to improve the settleability and filterability of a seed
sludge originating from a TTC company treating highly variable influent wastewater. A
slow anaerobic feeding strategy was adopted to improve the sludge characteristics and
pollutant removal by the microbial selection of slow-growing organisms such as GAOs.
Slow anaerobic feeding, sludge densification, improved settling, and better membrane
filtration properties were achieved when applying a constant OLR. The application of
variable OLR was detrimental to sludge settling, as filamentous organisms appeared. For
the densification of the sludge, a stable OLR is required. The strategy of microbial selection
to form aerobic granules can be further improved by implementing an adequate influent
pretreatment to remove particulates in the influent.
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Abstract: The heavy metal cadmium poses severe threats to both ecosystems and human health.
Utilizing genetic engineering to enhance the microbial capability for efficient cadmium accumulation
has emerged as a pivotal research direction. This study constructed a genetically engineered bacterium
capable of expressing multivalent phytochelatins with a self-assembly ability and explored its efficacy
in cadmium adsorption. Molecular biology techniques were adopted to fuse the recombinant human
ferritin (rHF) gene and the synthetic phytochelatin (EC) gene, known for its robust adsorption
capacity for heavy metals. The expression vector was constructed. Escherichia coli (E. coli) served as
the host cell to express multivalent nanochelator rHF-ECs tailored for high-efficiency heavy metal
adsorption. The results reveal the successful soluble expression of the recombinant fusion protein in
E. coli cells, forming self-assembled multivalent nanoparticles with a size of about 13 nm, and the
target protein rHF-EC20 (monomer) could adsorb approximately 9.2 µmol of Cd2+ in vitro. Moreover,
this recombinant strain demonstrated cadmium adsorption across a temperature range of 16–45 ◦C
and a pH range of 5–9, with the optimal performance observed at pH 7.0 and 37 ◦C. Compared with
the control strain, the recombinant strain BL21 (FLE), expressing nano-chelating peptides, achieves
an adsorption rate of 80% for Cd2+ at 60 min, resulting in an approximately 18% increase in the Cd2+

enrichment efficiency. The maximum adsorption capability of cadmium reached 12.62 mg per gram
of dry cell weight. This work indicated that the synthesis of multivalent chelating peptides in E.
coli cells could efficiently enhance the bioaccumulation of the heavy metal cadmium, which renders
novel avenues and methodologies for addressing cadmium pollution, offering promising prospects
for environmental remediation.

Keywords: Escherichia coli; multivalent nanoparticles; cadmium adsorption; wastewater treatment

1. Introduction

Cadmium, a natural heavy metal characterized by strong mobility, possesses a high
toxicity to human health. The discharge of waste and sewage in industries such as elec-
tronics, chemicals, and photovoltaics as well as cadmium-laden dust and smoke deposition
in the atmosphere have led to a substantial accumulation of cadmium in the environ-
ment. Moreover, as this metal traverses water bodies and food chains and accumulates, it
further adversely affects the human respiratory, cardiovascular, gastrointestinal, reproduc-
tive, renal, and nervous systems, posing a grave threat to ecological balance and human
health [1,2]. Therefore, efficiently reducing the content of cadmium in the living environ-
ment or eliminating its bioavailability has emerged as an imperative issue demanding
human intervention.

In recent years, substantial research efforts have focused on the environmental re-
mediation of cadmium pollution. Traditional physical and chemical treatment methods
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include ion exchange, dialysis, reverse osmosis, ozonation, nanofiltration, and chemical
precipitation [3,4]. Meanwhile, there is growing interest in utilizing natural or modified
biomass materials as well as carbonizing biomass into materials with adsorption properties
for the adsorption and fixation of Cd2+ [5,6]. In recent years, hydrogel-based adsorbents
have been designed and applied for the removal of heavy metals from water [7,8]. Mi-
croorganisms, pivotal in ecosystems, exhibit diverse mechanisms for cadmium adsorption
and storage, including cell membrane/wall surface adsorption, intracellular aggregation,
mineralization precipitation, and intracellular conversion [9,10]. Compared with conven-
tional treatment methods, microorganisms offer advantages like a superior adsorption
efficiency, absence of secondary pollution, and environmental compatibility [11–13]. Nat-
urally occurring bacteria, fungi, seaweed, and algae have demonstrated the capability to
adsorb and accumulate heavy metals [14–17]. Due to their small volume, ease of cultivation,
and rapid reproduction, they have been extensively used for the remediation of heavy
metal pollution in the environment. However, naturally isolated microorganisms usually
possess drawbacks in their adsorption capacity and stress resistance. With the increasingly
stringent requirements of national pollutant emission standards, challenges persist in the
adaptability and efficiency of employing these microorganisms for heavy metal treatment.
In response to this issue, recent research has focused on leveraging genetic engineering
to enhance the efficiency of microbial cells in treating heavy metals [18–20]. This involves
introducing dominant genes associated with the enrichment and degradation of heavy
metals in microbial cells into recipient strains with a robust reproductive capacity and ease
of manipulation. Candidate genes involved in the adsorption and transport of cadmium
ions include cadmium transporters, metallothionein capable of binding to heavy metal
ions, and synthetic phytochelatins (ECs). A previous study has verified the cadmium
transport activities of mercury superfamily proteins (MerC, MerE, MerF, and MerT) [21].
Furthermore, the overexpression of these transporters has been shown to elevate the Cd
uptake [22]. Metallothioneins (MTs) are intracellular proteins with a low molecular weight
and high cysteine content that exhibit a robust adsorption capacity for heavy metals [23].
Organisms that overexpress metallothionein and biomaterials based on metallothionein
have been extensively utilized in treating heavy metals [24–26]. Ying Cai et al. successfully
expressed both the cadmium transporter protein and pea metallothionein in E. coli cells,
resulting in a 50% increase in cadmium ion accumulation in stem cells per gram compared
to wild strains [27]. ECs are heavy metal binding peptides that mimic phytochelatins. With
a structure similar to that of the cell detoxifying agent glutathione, ECs contain repeating
dipeptide units composed of glutamic acid and cysteine {(Glu-Cys) n Gly (n: repetition
times)}. These two amino acids can efficiently chelate heavy metals through carboxyl and
thiol groups [28]. Bae et al. fused and expressed synthetic chelating peptide ECs, which can
adsorb heavy metals, with ice nucleation protein INPNC and successfully displayed ECs on
the surface of E. coli and Moraxella sp. cell membranes for the treatment of Hg2+ in aquatic
environments. The results show that the Moraxella sp. engineered bacterium has a better
ability to adsorb Hg2+ than the E. coli engineered bacterium, which is ten times higher [29].
Yu et al. showed metallothionein on the surface of the strain Alishewanella sp. WH16-1-MT,
which doubled the adsorption capacity of the strain for Cd2+. The engineered strain was
further used to remediate a cadmium-contaminated paddy soil, effectively improving
the resistance of rice to cadmium and reducing the accumulation of cadmium in rice [30].
Moreover, Zhu et al. constructed a genetically engineered strain that could efficiently enrich
heavy metals by displaying a fusion protein (SynHM) carrying a 6*His-tag, a cysteine-rich
short peptide, and metallothionein on the surface of E. coli cells. The adsorption efficiency
of this strain for Cd2+ can reach 50 mg/L [31].

In nature, a plethora of proteins can precisely self-assemble and form various nanos-
tructures, such as nanowires and protein nanocages. Among these, due to its unique
structure and stable properties, the human ferritin heavy chain (rHF) has been widely used
as a structural unit in the design and synthesis of nanodevices, showcasing its multifaceted
function. Human-derived ferritin rHF primarily facilitates the storage and dynamic regula-
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tion of iron elements within the human body, exhibiting highly conserved biochemical and
structural characteristics [32]. The rHF subunit contains 180 amino acids, consisting of a
5-α-helix composition, spontaneously assembled into a 24-polymer nanocage structure in
cells, with an outer diameter of 12 nm and an inner diameter of 8 nm. The N-terminus of
each subunit is exposed on the outer side of the cage. The overall spatial structure presents
a 4-3-2 symmetry [33]. It has been verified that ferritin has an extremely high thermal
stability, with a Tm value of up to 85 ◦C. It can achieve soluble expression and self-assembly
in hosts, making it an ideal self-assembled nanoelement [34]. The successful engineering of
ferritin proteins as potential nanoreactors for synthesizing/incorporating nanoparticles
and as nanocarriers for tumor detection and therapy has been documented [35,36].

E. coli stands as an ideal microorganism for wastewater treatment due to its rapid
growth and clear genetic background, making it a current research hotspot to enrich heavy
metals through genetic engineering modification. Upon the enrichment of heavy metals,
achieving subsequent non-hazardous treatment is straightforward through solidification
and stabilization, including the encapsulation of pollutants into inert substrate materials
(such as cement and lime), organic binders like asphalt and other thermoplastic materials,
and thermally hardened organic polymers such as urea, phenolic plastics, and epoxides.
These approaches aim to convert pollutants into less soluble, less migratory, or less toxic
forms, thereby abating the risk of harm to ecosystems [37–39]. The design concept and
system are shown in Figure 1.
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Figure 1. Design concept of cadmium treatment with Escherichia coli cell factory. Yellow boxes
represent E. coli cells, the red circles represent nanochelator rHF-ECs, and black balls represent
cadmium ions.

This study selected 20 repetitive units of artificial plant chelating peptide EC20 and the
coding gene of human transferrin rHF for gene fusion through the peptide linker coding
sequence. By overexpressing the fusion protein in E. coli cells, a 24-polymer multivalent,
nano-chelating peptide self-assembled in the cells for heavy metal treatment. This recombi-
nant strain was used to investigate the adsorption capacity and characteristics of Cd2+ in
simulated wastewater, providing new research ideas and highly effective biomaterials for
the bioremediation of cadmium-contaminated environments.

2. Materials and Methods
2.1. Material
2.1.1. Strain and Plasmid

The host bacteria E. coli DH5α and E. coli BL21 (DE3) and the plasmids pET28a and
pET28a-rHF were preserved in the laboratory of this study. The plasmid pUC57-L-EC20
carried a linker peptide sequence (GGGSGGGS) and the fusion gene EC20. Endonucleases
BamH I and Xho I were introduced at both ends of the gene to recognize sites. The codon op-
timization and synthesis were fulfilled by Genscript Biotech Corporation (Nanjing, China).

2.1.2. Main Reagent

The plasmid extraction kit and DNA purification kit were purchased from Beijing
Solarbio Biotechnology Co., Ltd. (Beijing, China); the protein gel electrophoresis kit was
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from Crystal Biology; PrimeSTAR Max DNA Polymerase, restriction endonuclease, and
T4 DNA ligase came from Takara Bio (Beijing, China); and the cadmium detection kit was
purchased from Henan Suijing Environmental Protection Technology Co., Ltd. (Luoyang,
China). All other reagents were analytical grade.

2.1.3. Culture Medium

The LB medium for E. coli culture comprised the following: 0.5% yeast extract, 1%
Tryptone, 1% NaCl, and a solid plate with 2% agar. The protein expression self-induction
culture medium was prepared according to the formula of Gawron et al. [40], including
Tryptone, 10 g/L; yeast extract, 5 g/L; Na2HPO4·12H2O, 9 g/L; KH2PO4, 3.4 g/L; NH4Cl,
2.68 g/L; Na2SO4, 0.71 g/L; MgSO4, 0.24 g/L; glycerol, 6 mL/L; glucose, 0.5 g/L; and
α-D-Lactose, 2 g/L. When using the above culture media, kanamycin sulfate with a final
mass concentration of 0.1 mg/L was added.

2.2. Method
2.2.1. Construction of Fusion Protein Gene Expression Vector

Based on the nucleotide sequence of rHF (Genbank: M97164.1), specific primers were
designed: FP (5′-GATCCATATGACGACCGCGTCCACC-3′, underlined as Nde I restriction
site) and RP (5′-TACCGGATCCGGGCGCTCCCATCTTGCG-3′, underlined as BamH I
restriction site). The PCR amplification was performed using the plasmid pET28a-rHF as a
template. The PCR product was detected using 1% agarose gel electrophoresis, and the
target gene rHF was recovered with a DNA purification kit. The fragment was digested
with Nde I and BamH I and recovered for later use. Simultaneously, the plasmid pUC57-
L-EC20 was digested by BamH I and Xho I. After the reaction, the L-EC20 gene fragment
was recovered for later use. The digested products of the rHF gene and the L-EC20 gene
obtained in the above steps were ligated to the pET-28a (+) vector double digested with
Nde I and Xho I using T4 DNA ligase. The ligation products were transformed into E. coli
DH5α competent cells, and monoclones were selected for colony PCR validation. Clones
with preliminary validation were sent to Sangon Biotech (Shanghai) Co., Ltd. (Shanghai,
China) for sequencing. The correctly sequenced recombinant plasmid vector was named
pET28a-rHF-EC20.

2.2.2. Expression and Purification of Recombinant Fusion Protein

The correctly sequenced recombinant plasmid pET28a-rHF-EC20 was transformed into
E. coli BL21 (DE3) competent cells to obtain the recombinant strain BL21 (FLE). Meanwhile,
pET28a was transformed into the same strain to serve as the control strain BL21 (28a).
Single colonies were picked from LB agar plates and inoculated into a 5 mL LB liquid
medium containing 100 mg/mL kanamycin. The cultures were incubated overnight at
37 ◦C and 180 rpm to prepare seed solutions. These seed solutions were then inoculated at
5% (volume fraction) into a 300 mL auto-induction medium containing the same antibiotic
at 37 ◦C for 16 h. Then, the bacterial cells were collected by centrifugation at 4 ◦C and
12,000 rpm for 5 min. Part of the bacterial cells was resuspended in a pre-cooled cell
disruption buffer, followed by sonication under ice bath conditions for 30 min (working
duration: 3 s; interval time: 3 s; power: 300 W) until the bacterial suspension became clear.
The suspension was centrifuged again at 12,000 rpm for 30 min to collect the supernatant
and precipitate for SDS-PAGE analysis. The supernatant passed through a 0.45 µm filter
membrane, and the recombinant protein in the filtered supernatant was purified using a
Ni-NTA column through affinity chromatography. The purified protein was concentrated
and desalted to determine its concentration before being stored at −80 ◦C for future use.

2.2.3. Morphological Characterization of Recombinant Fusion Protein

The purified target protein was diluted to lower the salt ion concentration. Then,
10 µL of the protein solution was pipetted onto a carbon membrane and dried at room
temperature. Next, it was negatively stained with 1% phosphotungstic acid solution
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(pH 7.0) for three minutes, followed by rinsing with deionized water 2–3 times. After drying
at room temperature, the morphology of the protein was observed using the transmission
electron microscope FEI Tecnai G2 spirit Biotwin (Thermo Fisher Scientific lnc., Waltham,
MA, USA).

2.2.4. Adsorption of Recombinant Protein rHF-EC20 to Cadmium

A total of 2 mg of purified target protein rHF-EC20 was mixed with 100 mg of Ni-
NTA agarose resin loaded with Ni2+ and reacted for 30 min to ensure full binding to the
resin. The resin was washed with ddH2O to remove unbound target protein. The eluate
was collected after centrifugation, and the protein content was detected to calculate the
amount of protein fixed to the resin. The immobilized target protein was mixed with
100 mg/L cadmium chloride and shaken at room temperature for 30 min. The supernatant
was collected after centrifugation and washed once with a small amount of ddH2O. The
cadmium content was determined using a cadmium quantification detection kit. Finally,
the adsorption capacity of the target protein to cadmium was calculated.

2.2.5. Adsorption of Recombinant Strain to Cadmium
Influence of Induction Time on Cadmium Adsorption by Recombinant Strain

Single colonies of the recombinant strain BL21 (FLE) and control strain BL21 (28a) were
picked and inoculated into 5 mL LB liquid medium containing kanamycin and cultured
overnight to prepare seed solutions. These seed solutions were then inoculated at 5%
(volume fraction) into 200 mL of auto-induction medium supplemented with cadmium
chloride with a final concentration of 50 mg/L. The cultures were incubated at 37 ◦C for
24 h, with continuous sampling every four hours to determine the OD and the adsorption
rate of the strains to cadmium.

Optimal Adsorption pH and Temperature

(1) Optimal adsorption temperature: The recombinant strain BL21 (FLE), auto-induced
for expression, was collected after centrifugation and resuspended in Tris-HCl (pH 7.0).
The bacterium with a density of 3 g/L was added to cadmium chloride with a final
concentration of 50 mg/L. The strains were separately placed on a shaker at 16, 25, 37,
and 45 ◦C and incubated for two hours at 150 rpm. Samples were collected into nitric
acid-soaked centrifuge tubes and centrifuged at 12,000 rpm for two minutes. The
bacterial cells were dried, digested with nitric acid, and then quantitatively analyzed
for their cadmium content using cadmium detection kits.

(2) Optimal adsorption pH: The recombinant strain BL21 (FLE) were collected after cen-
trifugation and resuspended in Tris-HCl buffer at pH values of 5.0, 6.0, 7.0, 8.0, and 9.0
at the optimal temperature. The bacterial density was 3 g/L. After adding cadmium
chloride with a final concentration of 50 mg/L, the strains were separately incubated
at 150 r/min for two hours. The bacterial cells were collected, and a quantitative
analysis was performed on the adsorbed cadmium following the above procedure.
The adsorption rate A was calculated using the formula A = Ce/C0 × 100%, where
C0 represents the initial concentration of cadmium chloride (in mg), and Ce denotes
the cadmium ions adsorbed by the recombinant strains (in mg).

Time Adsorption Curve of Recombinant Strain

Under optimal adsorption conditions, the self-induced expression of recombinant
strain BL21 (FLE) and control strain BL21 (28a) were separately placed in 50 mg/L cadmium
chloride solutions and continuously cultured for 120 min on a shaker at 150 rpm. Samples
were taken at 5, 10, 20, 40, 60, and 120 min time points for detection, and the adsorption
rates at these time points were calculated.

92



Water 2024, 16, 1759

Equilibrium Adsorption Capacity of Recombinant Strain to Cadmium

Under optimal adsorption conditions, the recombinant strain BL21 (FLE), auto-induced
for expression, and control strain BL21 (28a) were separately placed in cadmium chloride
solutions with final concentrations of 20, 40, 60, 80, 100, and 120 mg/L and continuously
cultured for 120 min on a shaker at 150 r/min. Samples were taken to determine the adsorp-
tion quantity of cadmium. The typical Langmuir model was used to calculate the equilib-
rium enrichment amount (qm) of strains for Cd2+ using the formula q = qm Ce/(K + Ce),
where Ce represents the equilibrium concentration of Cd2+ in the solution (mg/L), q is
the enrichment amount of the strain for Cd2+ (mg/g), qm stands for the maximum en-
richment capacity (mg/g), and K denotes the dissociation constant (mg/L). The values
of qm and K can be obtained graphically with the rearranged form of the above formula:
Ce/q = Ce/qm + K/qm.

2.3. Statistical Analyses

In this study, all experiments were performed in three replicates. All measurements
were repeated three times, and the data were represented as the mean± standard deviation
(SD). SPSS V19.0 (IBM, New York, NY, USA) software was used to conduct analysis variance,
and p < 0.05 stands for statistical significance.

3. Result and Analysis
3.1. Construction of Fusion Gene Expression Vector and Analysis of Fusion Protein Expression

The rHF and EC20 genes were enzymatically cleaved and ligated into the prokaryotic
expression vector pET28a to obtain the recombinant plasmid pET28a-rHF-EC20. After
sequencing verification, the plasmid was transformed into E. coli BL21 (DE3) to obtain the
recombinant strain E. coli BL21 (FLE). The fusion gene rHF-EC20 has a full length of 748 bp,
encoding 248 amino acids. With the N-terminal His-tag, the fusion protein has a total length
of 266 amino acids, with a theoretical molecular weight of approximately 30.8 ku and an
isoelectric point of approximately 4.9. After continuous cultivation of the recombinant strain
E. coli BL21 (FLE) in the auto-induction medium at 37 ◦C for 16 h, the bacterial cells were
collected using centrifugation. The cells were crushed using sonication and centrifuged
to harvest the supernatant and precipitate. The recombinant protein was purified using a
Ni-NTA column. The samples were separately taken for SDS-PAGE analysis. The results
are shown in Figure 2. The target protein mainly exists in the supernatant, indicating the
soluble expression of the recombinant protein in E. coli. The protein molecular weight is
around 30 ku, consistent with the predicted theoretical value.
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3.2. Morphological Analysis of Fusion Protein

The purified fusion protein was negatively stained with phosphotungstic acid, and
its morphology was observed using transmission electron microscopy (TEM). As shown
in Figure 3, uniformly sized nanoparticles were observed under the electron microscope,
implying that the fusion protein rHF-EC20 auto-assembled into nanospheres in E. coli, with
a size of approximately 13 nm, consistent with the expectation.
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3.3. Adsorption Capacity of Recombinant Fusion Protein rHF-EC20 to Cadmium

The purified target protein was immobilized onto Ni-NTA agarose through a His-
tag to treat cadmium chloride. It was calculated that 1 µmol of the target protein rHF-
EC20 (monomer) could adsorb approximately 9.2 µmol of Cd2+. Xu et al. conducted
adsorption experiments on Cd2+ using the EC20 fusion protein in vitro. The results show
that theoretically, one molecule of EC20 fusion protein can bind to ten molecules of Cd2+ [41].
The findings of this study agree with this, demonstrating the ability of the recombinant
protein to bind Cd2+.

3.4. Adsorption Characteristics of Engineered Bacterium E. coli BL21 (FLE) to Cadmium
3.4.1. Impact of Induction Time on Cadmium Adsorption by Engineered Strain

The recombinant engineered strain E. coli BL21 (FLE) and control strain E. coli BL21
(28a) were inoculated into auto-induction media containing cadmium and continuously
cultured for 24 h. The adsorption characteristics of strains for cadmium were determined
throughout the entire cultivation period. The results shown in Figure 4 reveal that the
growth curve of the target strain is generally consistent with that of the control strain BL21.
This verifies that under the same antibiotic and heavy metal stresses, the introduction of
the target gene into BL21 does not significantly affect cell growth. During the initial 12 h of
cultivation, there was no evident difference in the cadmium adsorption efficiency between
the target and control strains. However, between 12 to 16 h, as the cell density increased,
the target strain exhibited a higher cadmium adsorption efficiency than the control strain.
After continuous cultivation for 16 h, E. coli BL21 (FLE) achieved an adsorption efficiency
of 78.13% for Cd2+ in the solution, and the control strain was only 62.32%. After continuous
cultivation for 20 h, the target strain E. coli BL21 (FLE) reached its maximum cadmium
adsorption capacity. However, after 24 h, the adsorption efficiency of cadmium by the
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engineered strains decreased. This may be attributed to the excretion of heavy metal ions
from the cells through specialized “pumps” or transporters, such as P-type ATPase and
CDF (Cation Diffusion Facilitator) family proteins [42–44]. When the concentration of
heavy metals in the cells of microorganisms reaches their tolerance capacity, the optimal
detoxification method is to expel heavy metals from the cells.
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3.4.2. Optimal Adsorption Temperature of Engineered Bacterium BL21 (FLE)

The determination results of the optimal adsorption temperature of the recombinant
engineered strain E. coli BL21 (FLE) for Cd2+ are shown in Figure 5. The optimal adsorption
temperature for Cd2+ by the recombinant strain is 37 ◦C. After continuous adsorption
for two hours, the adsorption rate reached 82.4%. Conversely, low temperatures are
unfavorable for E. coli adsorption of Cd2+. After continuous adsorption at 16 ◦C for two
hours, the adsorption rate was merely 26.3%. By comparison, adsorption experiments at
45 ◦C result in a decline in the adsorption efficiency. The optimal growth temperature for E.
coli is 37 ◦C, Prior research delineates heavy metal adsorption by microorganisms into stages
encompassing heavy metal ion adsorption onto cell membrane surfaces, transmembrane
transport, and intracellular detoxification [45]. A range of transport proteins and enzymes
orchestrates the intricate process of heavy metal transport. Existing research indicates
that temperature substantially influences gene expression and protein synthesis within
cells. Microbial activities surge within an appropriate temperature range, enhancing both
microbial metabolism and enzyme activity, thereby expediting the bioremediation process
of heavy metals [46,47]. Conversely, low temperatures hamper the rapid synthesis of
functional proteins and can impair the permeability of cell membranes. Additionally,
higher environmental temperatures may disrupt the activities of metal transporters and
related enzymes, potentially impeding the transport and adsorption of Cd2+ [48].
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3.4.3. Optimal Adsorption pH of Engineered Bacterium E. coli BL21 (FLE)

The recombinant strain was subjected to different pH buffer solutions to determine its
adsorption efficiency for Cd2+. The results show that the recombinant strain E. coli BL21
(FLE) exhibits a high adsorption efficiency for Cd2+ in the pH range of 5–7. Specifically,
treatment in a pH 7.0 solution for two hours results in the highest adsorption efficiency for
Cd2+, reaching 82.4%. In contrast, under pH 9.0 environmental conditions for two hours,
the adsorption efficiency is only 69.2% (Figure 6). The pH exerts considerable influence
on the redox and solubility of heavy metals. Under neutral and acidic conditions (pH < 7),
negatively charged functional groups on the microbial cell surface, such as hydroxyl,
phosphate, carboxyl, and amide groups, can readily bind with Cd2+. In contrast, when
the pH levels exceed 8, Cd(OH)2 precipitates out of wastewater. Cadmium concentrations
decrease rapidly, and the cellular uptake of Cd2+ also drops [7].
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3.4.4. Evaluation of Adsorption Efficiency of Recombinant Strain to Cd2+

Under the optimal adsorption conditions, the adsorption efficiencies of the recom-
binant genetically engineered strain BL21 (FLE) and control strain BL21 (28a) were de-
termined at different time points (Figure 7a). Throughout the entire time process, the
recombinant strain BL21 (FLE) consistently demonstrates a higher adsorption efficiency
for Cd2+ compared to the control strain. The recombinant strain BL21 (FLE), expressing
nano-chelating peptides, achieves an adsorption rate of 80% for Cd2+ at 60 min, whereas the
control strain BL21 (28a) only reaches 62%, resulting in an approximately 18% increase in
the Cd2+ enrichment efficiency. These results indicate that the overexpression of multivalent
phytochelatins in E. coli cells effectively enhances the adsorption efficiency and tolerance of
the strain to Cd2+, thereby improving the adsorption efficiency of heavy metals. As shown
in Figure 7b, the results of the kinetic study regarding BL21 (FLE) reveal that during the
initial adsorption stage (0–30 min), E. coli exhibits a swift adsorption rate for Cd2+. At this
stage, heavy metal ions adhere to cell membrane surfaces primarily through processes like
ion exchange and complexation with chemical groups in biomolecules on the membrane
surfaces, featured by rapid and large-scale increases. Subsequently, the adsorption rate
gradually decelerates, reaching equilibrium at 60 min. Some heavy metals bound to the
membrane surfaces are transported into the cells via metal transporters. Within the cells,
these metals interact with heavy metal chelating proteins and form precipitates within the
cytoplasm, thereby mitigating the impact of soluble heavy metal ions on cells. This phase
represents the rate-limiting step throughout the entire adsorption process [45].
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3.4.5. Equilibrium Adsorption Capacity of Recombinant Strain to Cd2+

This experiment analyzed the enrichment behavior of the recombinant strain BL21
(FLE) and the control strain BL21 (28a) at different Cd2+ concentrations. As shown in
Figure 8, the maximum enrichment of Cd2+ by the recombinant strain BL21 (FLE) and
the control strain BL21 (28a) can be calculated based on the Langmuir model formula.
The equilibrium enrichment of the control strain BL21 (28a) is 9.27 mg/g, and that of the
recombinant strain BL21 (FLE) is 12.62 mg/g. Meanwhile, the equilibrium curve shows
that in solutions with high concentrations of Cd2+, the recombinant genetically engineered
bacterium presents a higher resistance and adsorption capacity to cadmium. However,
due to the absence of the secretion mechanism, proteins expressed in E. coli cells mainly
reside in the cytoplasm. Therefore, the genetically engineered bacterium in this study
aimed to promote heavy metal adsorption by elevating the expression levels of intracellular
heavy metal chelating peptides. However, the results indicate that compared with the
control strain, the engineered strain merely augments the cadmium adsorption efficiency
by approximately 18%. This may stem from the ineffective transport of heavy metal ions
into cells.
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4. Conclusions

This work demonstrates the feasibility of employing genetically engineered E. coli cell
factories to reinforce the efficient bioaccumulation of heavy metal cadmium via the overex-
pression of a fusion protein, rHF-EC. Moreover, the recombinant proteins can self-assemble
into multivalent nanochelators with a size of about 13 nm within cells, effectively adsorbing
heavy metal cadmium both intracellularly and extracellularly. The target protein rHF-EC20
(monomer) could adsorb approximately 9.2 µmol of Cd2+ in vitro. The adsorption capacity
varies with temperature and pH. The engineered strain BL21 (FLE) exhibits a superior
performance in cadmium biosorption at pH 7.0 and 37 ◦C. Meanwhile, a notable 18%
increase in cadmium accumulation implies that the strain that produces rHF-ECs maintains
significant advantages over the control host cells.

Considering the findings of the above research, promoting heavy metal adsorption by
elevating the expression levels of intracellular heavy metal chelating peptides emerges as
a promising strategy. Nonetheless, this approach faces limitations due to the ineffective
transport of heavy metal ions into cells. Future research can focus on tethering chelat-
ing peptides to the surface of cell membranes and co-expressing cadmium transporters
alongside this nanochelator within cells to further augment the adsorption and transport of
heavy metals [49]. Such advancements hold the potential to expand the utility of genetically
engineered E. coli in environmental pollution control [50].
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Abstract: Proper water resource management is a critical global objective, both privately and in
business, due to the continuous deterioration of this valuable resource. Scientific research in environ-
mental sciences has made significant progress in the development and achievements of treatment.
The use of transformed E. crassipes biomass with sodium tripolyphosphate (TPP) can help to achieve
this important goal. The objective of this study was to develop an experimental process for the
continuous adsorption and elution of chromium (VI) using fixed-bed columns of E. crassipes biomass
modified with sodium tripolyphosphate (TPP). Additionally, design tools were created, and eco-
nomic viability was assessed by analyzing adsorption capacity indicators and unit production costs
of different biomasses. Treatment systems were designed and constructed to remove chromium from
tannery wastewater, ensuring that the levels were below the current environmental regulations of
0.05 mg/L Cr(VI). The biomass had an adsorption capacity of 98 mg/g and was produced at a low
cost of 8.5 dollars. This resulted in an indicator of 11.5 g Cr(VI)/(USD) when combined with the
elution processes. The proposed strategy, which utilizes entirely green technologies, enables the
recovery and valorization of water resources. This makes it an effective tool for the circular economy.

Keywords: E. crassipes; treatment water; tripolyphosphate (TPP); chromium

1. Introduction

Non-conventional, economical, and efficient treatment is a major focus of research centers
in developing countries, where wastewater from rivers, wetlands, and other water sources is
still contaminated with heavy metals, phenols, and dyes. For this reason, there is a need to
find suitable ways to treat water in an efficient way in the industrial sector, where most of the
pollution occurs. One suitable method of treating industrial wastewater is through fixed-bed
column systems, coupled with a process of reutilizing waste biomasses [1–3].

Fixed-bed columns are those with a constant biomass, together with pollutant flow
inputs, which are easy to implement, effective due to the chelating capacity of the biomass,
and economical. In different research, such as [4–6], treatment systems have been designed
for large water bodies due to their mass balance models and intra-particle and ex-particle
diffusion among other models and isotherms [7,8].

Among the varieties of heavy metal, the most impactful on water resources is chromium,
which is utilized across a variety of industries due to its efficacy in metal alloys and
the tannery industry’s leather preservation techniques. However, its excessive use has
resulted in significant environmental, social, and health issues [9]. A notable instance
of this environmental threat can be observed in the south of Bogotá, Colombia. Over
350 tanneries in this area utilize chromium (VI), which is discharged into the Tunjuelo River
and deteriorates its quality, thereby diminishing the ecosystem services available to the
communities adjacent to the river [10].

To carry out sustainable projects, various plant species’ biomasses have been used
due to their high elimination efficiency, natural availability, and profitability, which favor
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the chemisorption process [11–13]. Chemisorption is a widely used technique for treating
industrial wastewater due to its low cost and ability to remove various contaminants, as
well as the ease of regenerating the adsorbent [14–16].

The presence of hydroxyl (OH) and carboxylic (COOH) groups in cellulose leads to
the removal of heavy metals by adsorption through cation exchange or chemical mech-
anisms [17,18]. This cellulose is found in considerable amounts within the aquatic plant
E. crassipes [19–22], which is abundant in tropical environments due to its dry biomass
resulting from regular cleaning in the wetlands, lagoons, and rivers of Bogotá D.C. [23,24].

Pilot-scale process trials offer assistance in designing treatment systems that meet
discharge regulations [25–28]. To create greater consistency in biomass and improve the
heavy metal chemisorption process, the adsorption of heavy metals on modified cellulose
involving sodium tripolyphosphate (TPP) has been investigated [29–31]. Microspheres,
comprising E. crassipes and sodium tripolyphosphate (TPP), were examined for their abil-
ity to adsorb lead (II). This novel adsorbent exhibited a maximum loading capacity of
312.5 mg/g [32].

This current study selected adsorption with the chelating biomass of E. crassipes as
the method for removing chromium (VI) from industrial wastewater at a tannery south
of Bogota. The primary novelty of this research lies in the use of mathematical models in
the adsorption and elution phases of fixed-bed processes. This study aims to create an
experimental process for adsorbing and eluting chromium (VI), using fixed-bed columns
of E. crassipes biomass modified with sodium tripolyphosphate (TPP), and operate it
continuously. This study also seeks to develop design tools and determine economic
viability by analyzing the adsorption capacity indicators and unit production costs of
different biomasses.

2. Materials and Methods

Aquatic plants: The roots and leaves of the aquatic plant E. crassipes were taken
from the Juan Amarillo wetland in the city of Bogotá D.C. The aim was to obtain particle
diameters of 0.212 mm (it should be less than 0.212 mm for better contact between particle
and contaminate [1,2]).

Chromium measurement: The samples were analyzed in a flask at each time interval,
evaluated for the residual chromium of 20 µm samples, and subsequently centrifuged
(KASAI MIKRO 200). Residual chromium was measured using a UV84.

Determination of chromium: This was conducted via the diphenylcarbazide method,
which involved preparing a phosphate-buffer solution and adjusting it to a pH equal to 2;
the degree of purity was 90% (H3PO4). Subsequently, 200 µL of 0.5% diphenylcarbazide
was added to an Eppendorf tube, with its purity being 97%, together with acetone w/v;
it also had a purity of 97%. An amount of 900 µL of phosphate buffer and 100 µL of the
residual sample were obtained, and these were finally taken to an absorption cell, with
the absorbance measuring 540 nm. On an Evolution 300 spectrophotometer, changes in
absorbance were monitored. All evaluations were performed under the APHA (American
Public Health Association Procedure) for standard tests (standard methods for the exami-
nation of water and wastewater). All experiments were carried out in triplicate, with final
values averaged.

Fixed biomass column experiments: Treatment systems were developed in recycled
plastic containers, coupled with interconnection processes between biocapsules (each
capsule had 30 g of dry biomass, along with the reagent). The height was 40 cm, and the
diameter was 4.5 cm, with an area of 30 cm2 established and for a total of 1000 cm3 in
volume. The flow rate was 20 mL/min, kept constant by constant flow through the drip.

Preparation of E. crassipes beads. Approximately 100 g of E. crassipes powder was
dissolved in 150 mL of diluted acetic acid (2% (v/v), and then this solution was gently
stirred and mixed with 250 mL and 500 mL of sodium tripolyphosphate (TPP) Na5O10P3,
molecular weight 367.86, solution at pH 8.6 to form the gelled spheres. This procedure had
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to be repeated five times to obtain sufficient material [32]. Two types of experiments were
carried out:

Two similar treatment systems were built, changing only the way they will be dis-
tributed in the treatment system.

E. crassipes with 250 mL (TPP) mixed with 100 g EC biomass EC + TPP (1)

E. crassipes with 500 mL (TPP) mixed with 100 g EC biomass EC + TPP (2)

The system is shown in Figure 1.
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Figure 1. Design of treatment with EC+TPP.

Evaluating initial concentrations of 1000 mg/L of Cr(VI). All the tests were carried out
in duplicate, calculating the average between the data obtained and with this the percentage
of metal removal.

Adsorption models. Mathematical modelling was used to describe the behavior of
the rupture curves, aiding in comprehension and scaling of the system. The biosorption
process of Cr(VI) in the fixed-bed configuration was explained by fitting the breakthrough
curve data to three different column adsorption models: Yoon-Nelson, Thomas, and Bohart.

The study used the widely accepted Thomas model to estimate the maximum adsorp-
tion capacity and predict the rupture curves. The proposed model assumed a second-order
kinetic of reversible reactions and the Langmuir isotherm [33]. Additionally, the Thomas
model was used to validate the proposed model, demonstrating its effectiveness.

The Yoon-Nelson model assumes that the rate of adsorption decreases proportionally
to the curve of adsorbate removal and adsorbent breakdown, without considering factors
such as adsorbate properties, adsorbent type, and adsorption column specifications [34].

However, the Bohart equation is commonly used to quantify various types of systems
due to its ability to describe the relationship between C/Co and t in a continuous system
with clarity and confidence. The model states that the rate of sorption is directly propor-
tional to the remaining capacity of the solid and the concentration of the retained species.
This model is specifically used to describe the initial part of the rupture curve. Table 1
presents the various adsorption models [35].
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Table 1. Adsorption models.

Thomas model (1) ln Co
C − 1 =

Kth × q × m
Q −Kth×Co× Tb

Yoon model (2) C
Co = 1

1 + exp(Kyn(y − t))qN = TbCoQ
m

Bohart model (3) Tb = No
CoU Z− 1ln 1

KbCo ln
( co

c − 1
)

Model Carreño (4) q = QTbCo
M − QTbCf

M − εVCo
M

The Model Carreño contains all the necessary parameters for designing a treatment
system, including the relationships between densities, rupture time, and flow. Although
this model is not adjusted, it is used to determine the adsorption capacity [36].

Co: initial concentration of Cr(VI); C: final Cr(VI); V: volume; KTh: Thomas constant
(mL/mg·min); q: adsorption capacity (mg Cr/g biomass); m: mass of biomass in column
(g); Q: flow rate through the column (mL/min); Tb: time of rupture (min); K YN: Yoon and
Nelson constant (1/h), q: γ capacity (mg/g), dynamic capacity (mg/dm−3); Z: bed height
(cm); U: linear flow rate (cm/min); and Kb: Bohart constant (1/h).

Analysis of reliability. Reliability is a useful tool for establishing efficiency and compli-
ance characteristics in environmental processes [37]. The exponential equation reflects the
behavior of data in contaminant removal processes [38].

P(X ≤ Xs) = 1− exp
{
− x

σ

}
, x ≥ 0 (5)

X = Continuous random variable mg/L;
σ = Arithmetic average 0.05 mg/L Cr(VI).
The materials were characterized. This process used a TESCAN FE-MEB LYRA3 scan-

ning electron and focused ion beam microscope. The SEM had an integrated X-ray energy
dispersion spectroscopy microanalysis system, EDS (energy dispersive X-ray spectroscopy).
EDS is one of the most efficient techniques for the qualitative and quantitative analysis of
organic samples and, through the SEM microphotographs, the samples evaluated in the
present investigation were observed in detail; the diffraction of an X-ray beam by the atoms
of the sample interacts with the X-ray beam, producing regions of diffraction intensity, or
peaks, for the diagnosis of each of the elements.

FTIR. The materials were characterized by Fourier transform infrared spectroscopy
(79 Jasco FTIR 430) to measure IR spectra in a spectral range of 4000–400 cm−1, a resolution
of 4 cm−1, and a scanning speed of 2 mm s−1.

3. Results

FTIR spectral details. When comparing the FTIR spectral details of the cellulose
with TPP and the same cellulose after the treatment process, it was observed that the
EC-TPP-Cr(VI) showed some new bands compared to that of the untreated biomass in
Figure 2.

It can be observed that the biomass without the EC-TPP treatment process exhibits a
deep peak due to the presence of hydroxyl groups (OH), in comparison with the biomass
of the EC alone, which has a lower wavenumber [1]. This suggests that there is an effective
interaction between the sodium tripolyphosphate and the cellulose of E. crassipes. Addition-
ally, there is a peak (P=O) at 1210 cm−1 and another peak representing (P-OH) at 1038 cm−1;
the stretching band is attributed to the presence of phosphorus, while the characteristic
band of the amine group in vegetable cellulose at 1650 cm−1, similar to (CH) at 1032 cm−1,
is also observable. A graph comparing the two biomasses before and after the treatment
processes is presented to identify potential sites for Cr(VI) ion binding.

After conducting the Cr(VI) adsorption process using EC-TPP biomass, a shift towards
a lower wavenumber was observed in the peak at 3424.96 cm−1 of the (OH) groups, as
well as the amine group. This suggests the formation of an interaction between the Cr(VI)
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ions and the nitrogen atoms, indicating that nitrogen atoms may be the primary adsorption
sites for metal ion binding. Furthermore, the intensity of P-O-H was reduced after the
adsorption of Cr(VI) ions.
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Figure 2. Characterizations with FTIR of EC-TPP.

SEM and EDS analysis. Figure 3 displays images of the EC+TPP biomass prior to
the adsorption process of Cr(VI) ions. The surface morphology observed in the image
indicates an effective articulation between the sodium tripolyphosphate and the cellulose
of E. crassipes, with a monolayer also being detectable.
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Figure 3. Microphotograph of EC+TPP.

The presence of white particles of Cr(VI) ions on the surface confirms the occurrence
of the adsorption process. To better observe the images of each characteristic element, they
were identified with colors, as shown in Figure 4a–c.
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Figure 4. Photomicrographs of EC+TPP with Cr(VI). (a) Photograph with the presence of carbon; the
presence of Cr(VI) is shown in image (b), and the presence of phosphorous in image (c).

In the microphotograph displayed in Figure 4, the green dots represent carbon (special
components of the E. crassipes biomass), red dots represent phosphorus (representative of
TPP), and the blue represent the Cr(VI), which remains removed from the EC+TPP biomass
through cation exchange processes with the hydroxyl groups (OH) present in the EC+TPP
biomass. Table 2 shows the physicochemical characterization of the EC+TPP sample
by EDS.

Table 2. Physicochemical characterization of the EC sample.

Element Weight Percenteje %

Oxygen 48.64 46.67
Carbon 38.15 36.94

Phosforous 9.13 7.37
Sodium 10.2 9.8

The EDX spectra of the bead suggest that the cross-linking processes between the
biomass and the TPP have occurred efficiently, as evidenced by the observations of phospho-
rus and sodium. The results are summarized in Table 3. Following the Cr(VI) adsorption
process, the EDX spectra of the bead were analyzed and the findings are summarized in
Table 3.

Table 3. Physicochemical characterization of the EC-TPP+Cr sample.

Element Weight Percentage %

Oxygen 43.64 41.67
Carbon 35.15 33.94

Phosphorous 9.13 7.37
Sodium 7.3 7.8

Chromium 9.2 8.3

Table 3 shows the characterization of the elements and it can be observed that at 10%
by weight, an adhesion of this heavy metal is evident in the samples. Similar results were
presented in [29]. A summary of the physicochemical characteristics evidenced in the
FTIR samples and SEM microphotographs are shown in Figure 5, where a cellulose sample
transformed with TPP adheres to Cr(VI).
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Cellulose reacts with TPP to form chelating complexes, increasing the active sites
where Cr(VI) will reside. The contact between the Cr2O7 dichromate and the biomass
loaded with active sites generates reactions between the (H+) of the biomass and the
oxygen of the Cr(VI) structure, reducing it to Cr(III), which is chromium oxide Cr2O2.

[6(C6H10O6)]xPP+ Cr2O7
−2 → {[6(C6H10O6)]xTPP}xCr2 + 7H2O

According to Figure 5, it can be observed that 6 parts of glucose react with dichromate,
where ({6(C6H10O6)}xTPP) represents the biomass and Cr2O7

−2 represents Cr(VI). These
graphical representations are based on the conclusions drawn from the microphotographs
and FTIR analysis.

The results of the process of adsorption of the Cr(VI) column experiments are shown
in Figure 6. The configuration of the process used for the removal of Cr(VI) from the actual
effluent uses fixed-bed columns in series. The yield is shown with an initial concentration
of 1000 mg/L.

The EC+PPT treatment (1) achieved a consistent removal rate of 99% in all cases, as
demonstrated in Figure 6a, with a breakpoint occurring at a volume of 4 L. With a flow
rate of 20 mL/min, the breaking point is reached after 350 min. In the case of biomass,
the EC+PPT treatment (2) resulted in the elimination of 99% of the contaminants after
processing approximately 5 L of water. This biomass treated more water and achieved
better yields due to its higher PPT content, reaching its breaking point in approximately
420 min. The biomass of E. crassipes, without any modification, could treat around 2 L of
this same water [1], but with the addition of PPT better yields of up to more than two liters
more water could be achieved. The addition of chemical agents to this type of biomass
also improved the treatment yields, such is the case of the xanthate biomass of E. crassipes,
where around 3.5 L of contaminated water was treated under the same concentrations [20].
The addition of PPT achieved better yields due to the expansion of active sites in the
EC biomass [29–31].

Analysis of Reliability. The permissible limits for Cr(VI) ions in drinking water pre-
scribed by the World Health Organization (WHO) are 0.05 mg/L. The results shown in
Table 4 show the final concentration of Cr(VI) mg/L. Table 4 shows the results of the process
of removals.
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Figure 6. Treatment with the biomass EC+PPT. Figure (a) shows the biomass EC+PPT (1), and the
biomass EC+PPT (2) is shown in (b).

Table 4. Reliability analysis of the results.

EC-PPT (1) EC-PPT (2)

Liters Concentrations End of Cr(VI) (mg/L)

0.5 0.04 0.02
1 0.04 0.01

1.5 0.05 0.01
2 0.04 0.01

2.5 0.05 0.01
3 0.05 0.01

3.5 0.05 0.02
4 0.02

4.5 0.02
5 0.02

5.5 0.02

Average 0.04 0.02

Standard deviation 0.04 0.004

Kolmogorov–Smirnov tests were carried out to check the distribution of the data while
the efficiency tests were carried out; the data behave under an exponential distribution
in both biomasses. It is ideal to comply with national and international regulations, with
Cr(VI) values below 0.05 mg/L of Cr(VI); through Equation (5), the probability of this value
was determined.

P(X ≤ 0.05) = 1− exp
{
−0.05

0.02

}
,

The reliability of the system with the EC-PPT biomass (2) is 80%, which exceeds regu-
latory values due to its high removal efficiency. Meanwhile, the reliability of the EC-PPT
biomass (1) is 61% under an exponential distribution, which meets the standard. The most
appropriate biomass is selected based on statistical data stabilization. Experiments must
comply with regulations and have suitable probability distributions for both simulations
and experiment replications [39,40].

Model of adsorptions. This section uses the Thomas model to validate the Carreño
Equation and establish the behavior of the treatment process. The Thomas model estimates
the maximum adsorption capacity and predicts the breakthrough curves, assuming re-
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versible second-order reaction kinetics and a Langmuir isotherm [41,42]. Tables 5 and 6
present the parameters of the Thomas, Yoon, and Bohart equations.

Table 5. Summary of the experimental results obtained with EC-PPT (1).

EC-PPT Bohart Yoon Thomas

1000 mg/L K 0.048 Kb 0.039 KYN 0.055 KTh
R2 0.99 0.9444 0.954

Table 6. Summary of the experimental results obtained with EC-PPT (2).

EC-PPT (2) Bohart Yoon Thomas

1000 mg/L K 0.061 Kb 0.05 KYN 0.061 KTh
R2 0.90 0.9444 0.966

A representative fit of the Thomas equation was observed, although significant
adjustments were made to Bohart and Yoon. The Thomas constant was found to be
0.055 mL/mg·min, indicating the chemisorption rate of Cr(VI) into the EC-PPT biomass.
The modified biomass has a Cr(VI) adsorption rate of 0.035 mL/mg·min, which is higher
than the unmodified biomass but lower than that of the EC-PPT biomass (2), which reached
a rate of 0.061 mL/mg·min. The better behavior of the modified biomass in the adsorption
of Cr(VI) is evident. Table 6 shows the fitted parameters for EC-PPT biomass (2).

Both the EC-PPT (1) and EC-PPT (2) biomass fit the mathematical Thomas model
well, with an R2 value exceeding 95%. The Langmuir isotherm and second-order kinetics
provide evidence of diffusivity in a monolayer for all processes. Equation (4) was validated,
and the adsorption capacities were determined for each adsorption and desorption process
using the Thomas equation. Table 7 shows a summary of the experimental results obtained.

Table 7. Summary of the experimental results obtained.

Biomass q (Thomas) q (Carreño) mg/g

1000 mg/L EC-PPT (1) 17.9 17
1000 mg/L EC-PPT (2) 21.33 22.6

Desorption–Elution and Reuse. Using Equation (4), we proceeded to establish the
yield of these biomasses and determine the new adsorption capacity. Figure 7 shows the
adsorption capacities in the different elutions.

The elution processes for each of the treated biomasses using EDTA are observable.
E. crassipes biomass supports different elutions due to the presence of lignin in its plant
structure [40–42]. The addition of PPT resulted in up to 7 times more biomass being
recycled. The total biomass sum of EC-PPT (2) was 98 mg/g, which is the highest sum
reported for E. crassipes. The EC-PPT biomass yielded 62 mg/g, a significant parameter as
it has half the concentration of PPT and may be more cost-effective for large-scale use.

The costs of the treatment systems. The costs of the treatment systems were determined
based on the evaluated biomass, and the unit production costs of 1 kg of material were
calculated. The cost of drying, crushing, and logistics to obtain E. crassipes biomass is
approximately USD 2 per 1 kg [43,44].

The cost of EDTA, which is used in biomasses, is USD 0.5 for about 100 g of the reagent.
Sodium tripolyphosphate costs USD 3, and USD 2.5 were spent on 250 mL of it for the
EC-PPT biomass, making the total cost USD 5. For the EC-PPT biomass, the cost is USD 8.
Acetic acid costs USD 0.5. Table 8 displays the total cost of the two samples.
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Figure 7. Adsorption capacities in the different elutions.

Table 8. Costs related to treatment systems.

Cost EC-PPT (1) EC-PPT (2)

Capacity total g Cr/100 g material 62 98

Cost (USD) 1 kg material 6.2 8.5

g Cr/(USD) 10 11.5

Table 4 demonstrates the project’s benefit through the adsorption capacity of Cr(VI)
and its elutions. The table displays the cost versus adsorption capacity for each biomass,
indicating the cost of producing 1 kg of biomass or composite material. Additionally, the
yield of adsorption capacity per dollar spent is included.

The EC-PPT biomass (1) has an adsorption capacity indicator of 10 g Cr(VI) per
dollar. The second indicator, EC-PPT biomass (2), has an indicator of 11.5 g/USD due
to its effectiveness and low cost. However, the EC biomass, despite being the cheap-
est, has an indicator of only 1.5 g/USD due to its low adsorption capacity compared to
other biomasses.

Representative data were obtained using Equation (4) and various bibliographic
references to establish a relationship between adsorption capacities and the production cost
of 1 kg. It is important to note that associated costs may vary. Table 9 summarizes several
biomass treatment processes. The indicator g HV/(USD) shows the amount of heavy metal
removed in relation to the adsorption capacity of the biomass, compared to the cost of
production/modification of this biomass in US dollars per kg [45].

Unmodified biomasses [1] have a low unit cost, but their g HV/(USD) indicator does
not exceed 7.5. However, chemical modifications can significantly improve the adsorption
capacity by increasing active sites, as reflected in this indicator [46].

It is worth noting that the investigated adsorption capacities [47–50] for various heavy
metals are exceptionally high, surpassing 150 mg/g. The Humulus biomass with EDTA ex-
hibits an impressive adsorption capacity of 398 mg/g. Processing costs for these biomasses
should be taken into account, as indicated by the g HV/(USD) which is comparable to
that of poorly processed biomasses. By selecting the appropriate biomass and adjusting
it to treat the specific heavy metals present in the water, heavy metal adsorption can
be optimized.
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Table 9. Research on the process of elutions.

Reference Biomass Recycling
Capacity (mg/g)

with the
Equation (4)

Cost (USD) 1 kg
Material g HV/(USD)

EC-PPT (2) EDTA 98 8.5 11.5
EC-PPT (1) EDTA 62 6.2 10

[1] Crassipes - 8 3 2.5
[2] Crassipes + Fe EDTA 42 3.3 12.7
[2] crassipes EDTA 23 3.1 7.4

[20] Xantate of cellulose EDTA 51 7 7.2
[20] Cellulose alkaline EDTA 32 6 5.3
[46] Crassipes + EDTA 45 10 4.5
[47] pinecone shells HCl 66 10 6.6
[48] Citrus maxima peel 84 10 8.4

[49] Kraft
pulp/carboxyMethyled HCl 101 40 2.5

[50] Chitosan biocomposite EDTA 146 35 5.3
[51] Humulus lupulus EDTA 398 50 7.9

[52] Lignocellulosic
biomass EDTA 156 10 15.6

4. Conclusions

Two treatment processes have been successfully developed on a pilot scale, providing
the necessary parameters to design and develop a treatment system on an industrial scale.
The resulting system has a unit cost of approximately USD 8, which is significantly lower
than conventional treatment systems in the industrial wastewater treatment sector.

The proposed system has an exceptional capacity to adsorb Cr(VI) and can be reused
several times by eluting with EDTA. It is cost-effective and promotes sustainability and
compliance with landfill regulations in the tannery sector. This helps to preserve the water
resources surrounding these production centers.

The elution processes have been optimized to improve the adsorption of heavy metals,
resulting in a production cost of only USD 8.5, with an indicator of 11.5 g HV/(USD).
Biomass has a remarkable adsorption capacity of 98 mg/g, making it an extremely effective
option for the chemisorption of heavy metals, particularly Cr(VI).

The findings suggest that E. crassipes biomass, enhanced with PTT and through EDTA
elutions, could be a suitable water remediation technology based on chemiadsorption
technology. This technology could be used for large-scale decontamination of rivers,
wetlands, and other water ecosystems contaminated with various heavy metals.
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Abstract: Removing organic pollutants from wastewater is crucial to prevent environmental con-
tamination and protect human health. Immobilized enzymes are increasingly being explored for
wastewater treatment due to their specific catalytic activities, reusability, and stability under various
environmental conditions. Peroxidases, such as horseradish peroxidase (HRP) and myoglobin (Mb),
are promising candidates for immobilized enzymes utilized in wastewater treatment due to their abil-
ity to facilitate the oxidation process of a wide range of organic molecules. However, the properties
of the carrier and support materials greatly influence the stability and activity of immobilized HRP
and Mb. In this research, we developed immobilized HRP and Mb using support material composed
of sodium alginate and CaCl2 as carriers and glutaraldehyde as a crosslinking agent. Following
this, the efficacy of immobilized HRP and Mb in removing aniline, phenol, and p-nitrophenol was
assessed. Both immobilized enzymes removed all three organic pollutants from an aqueous solution,
but Mb was more effective than HRP. After being immobilized, both enzymes became more resilient
to changes in temperature and pH. Both immobilized enzymes retained their ability to eliminate
organic pollutants through eight treatment cycles. Our study uncovered novel immobilized enzyme
microspheres and demonstrated their successful application in wastewater treatment, paving the
way for future research.

Keywords: immobilization; peroxidase; sodium alginate; reusability; organic pollutants

1. Introduction

Enzymes are biochemical catalysts that are very selective for the substrates on which
they act [1]. Peroxidase is a class of enzyme capable of catalyzing the oxidation of aromatic
compounds [2]. The roots of horseradish plants (Armoracia rusticana, syn. Cochlearia armora-
cia) contain horseradish peroxidase (HRP), which is utilized extensively in environmental
protection, wastewater treatment, and biotechnology [3,4]. Myoglobin (Mb) is an abundant
iron-containing heme protein in vertebrate cardiac and skeletal muscle [5] which has per-
oxidase activity [6]. Both HRP and Mb catalyze organic compounds, including phenolic
compounds, aniline, and dyes [7–10]. HRP is a multifunctional peroxidase that oxidizes
substrates in the presence of hydrogen peroxide [11]. The efficiency of HRP in breaking
down a wide range of contaminants has been demonstrated, thereby making a valuable
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contribution to environmental remediation [12]. Mb can bind and transport oxygen, sug-
gesting it has potential applications in enzymatic degradation [13]. Due to its strong affinity
for contaminant binding, Mb can be exploited to efficiently remove pollutants [14].

Both HRP and Mb are highly substrate-specific, environmentally friendly, and require
mild catalytic conditions and low energy [15], making them ideal for enzymatic wastewater
treatment and organic pollutant removal [9]. Nevertheless, the application of unbound
HRP and Mb for wastewater treatment is not cost-effective [16]. In addition, unbound
HRP and Mb are unstable and sensitive to denaturants, such as temperature, pH, metal
ions, and surfactants [16–18]. Additionally, free enzymes, particularly those that are more
costly and difficult to purify, have a restricted capacity for a single application [19]. Enzyme
immobilization is a potent method for overcoming these drawbacks and providing superior
features for practical applications of peroxidases [20–23]. Immobilization improves the
stability, storage, recovery, and recycling of peroxidases [22].

The stability and activity of immobilized enzymes are largely determined by the
characteristics of the carrier, reaction conditions, the nature of binding (e.g., the number of
bonds formed), the microenvironment of the enzyme molecule, and the characteristics of
the spacer connecting enzyme molecules to the carrier [24]. An ideal immobilization carrier
needs to be cost-effective, biodegradable and non-toxic [25]. Various carriers, including
silica nanoparticles [26], mesoporous carbon [27], carbon nanotubes [28], and alginate
microspheres [29], have been employed for enzyme immobilization. Alginate is a naturally
derived biocompatible and non-toxic biopolymer which provides a suitable environment
for enzyme immobilization [30]. Alginate is frequently combined with calcium chloride
(CaCl2) and glutaraldehyde for enzyme immobilization. Calcium chloride is employed in
the synthesis of alginate gels or microspheres due to its low toxicity [31]. Glutaraldehyde
is a cross-linking agent that forms covalent bonds between amino groups of enzymes
and functional groups in alginate [32,33] to efficiently impeded enzyme leaching, hence
prolonging the functionality of immobilized enzymes [34–38].

Wastewater, particularly industrial wastewater, often contains organic contaminants
such as aniline, phenol, and p-nitrophenol, as these compounds are frequently used in
manufacturing and can be released into water supply through industrial discharges [39].
Aniline is an aromatic amine which is used in the production of various chemicals, dyes,
and pharmaceuticals [40]. Phenol, chemically referred to as carbolic acid, is a crystalline
solid that possesses a white coloration and is predominantly employed in the manufactur-
ing processes of pharmaceuticals, polymers, and resins [41]. p-Nitrophenol is a substituted
phenol and is primarily utilized in the synthesis of dyes, pesticides, and pharmaceuti-
cals [42]. When remain untreated, these three organic substances are capable of disturbing
the balance of microbial communities and harming aquatic organisms, both of which are
detrimental to aquatic ecosystems [39]. In addition, because of their potential environ-
mental and public health risks, it is essential to properly manage and treat wastewater
containing these organic contaminants before they are released into the environment.

While HRP has been extensively studied and applied in wastewater treatment, the
potential of Mb in wastewater treatment is an emerging area of research, and limited
investigation has been devoted to the synthesis of immobilized Mb. In addition, the efficacy
of Mb in removing aniline, phenol, and p-nitrophenol compared to HRP has not been
well-understood. Here, we developed immobilized HRP and Mb using a support material
composed of sodium alginate and CaCl2 as carriers and glutaraldehyde as a crosslinking
agent to remove these organic contaminants from wastewater. The stability and efficacy
of the synthesized immobilized enzymes in removing all three organic contaminants
in wastewater were also evaluated under various storage periods, as well as pH and
temperature conditions. To the best of our knowledge, this is the first report on the removal
of aniline, phenol, and p-nitrophenol from wastewater using HRP and Mb immobilized
with sodium alginate, CaCl2, and glutaraldehyde.
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2. Materials and Methods
2.1. Materials

Sodium alginate (SA), calcium chloride (CaCl2), sodium dihydrogen phosphate
(NaH2PO3), disodium hydrogen phosphate (Na2HPO3), citric acid, sodium citrate, sodium
chloride (NaCl), phenol (C6H5OH), aniline (C6H5NH2), and p-nitrophenol (C6H4(NO2)OH)
were purchased from Beijing chemical Co., Ltd., Beijing, China (analytical grades). Horseradish
peroxidase (HRP), myoglobin (Mb), and 2,2′-azinobis-(3-ethylbenzthiazoline-6-sulphonate)
(ABTS) were purchased from Aladdin Industrial Co., Ltd., Shanghai, China. All chemicals
used in this research were of an analytical grade.

2.2. Preparation of Immobilized HRP and Mb

The procedure for immobilizing HRP and Mb in calcium alginate microspheres is
shown in Figure 1. The HRP and Mb microspheres were prepared using sodium alginate
and glutaraldehyde as the carrier and crosslinking agent, respectively. For this, 5 mL of each
enzyme (1 mg/mL) were mixed with 10 mL sodium alginate (3.5% w/v), and the mixture
was added dropwise to 50 mL of calcium chloride (3.0% w/v) and allowed to harden for
6 h. Subsequently, the hardened material was neutralized and crosslinked in 100 mL of
0.2% glutaraldehyde solution for 1 h. The immobilized HRP and Mb microspheres were
stored at 4 ◦C for later use.
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Figure 1. The process involved in the immobilization of myoglobin (Mb) and immobilized
horseradish peroxidase (HRP) in calcium alginate microspheres.

2.3. Characterization of Immobilized HRP and Mb

A field emission scanning electron microscope (SEM) (Hitachi, Tokyo, Japan) equipped
with an energy dispersive X-ray spectrometer su8010 (FESEM-EDS) was used to examine
the structure and appearance of immobilized Mb and HRP microspheres (FESEM-EDS).
The element distribution of the microspheres of both immobilized enzymes was analyzed
using FESEM-EDS with the following parameters: electron beam energy = 20 kV, and
electron beam current = 80.0 µA

2.4. Enzymatic Activity and Stability of Immobilized HRP and Mb

The activity of immobilized HRP and Mb was evaluated in the presence of hydrogen
peroxide with ABTS as a substrate using the method described by Andrade et al. [43]. Briefly,
20 immobilized HRP and Mb microspheres were added to a mixture of 0.12 mmol·L−1 of
ABTS, 25 mmol·L−1 of H2O2, and 0.03 mol·L−1 phosphate buffer solution (pH 6.0) and
reacted at 25 ◦C for 3 min. Subsequently, the oxidation of ABTS was evaluated at 420 nm
using a spectrophotometer (UV2550, Shimadzu, Kyoto, Japan). The amount of immobilized
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HRP and Mb needed to generate 1 nmol of ABTS+ per minute was defined as one unit of
activity. To assess the stability, the activity of both immobilized HRP and Mb was assessed
under a wide range of temperatures (i.e., 15 to 55 ◦C), pH (i.e., 3.0 to 8.0) and storage
periods (i.e., 0 days to 32 days at 25 ◦C), using the same ABTS assay outlined above.

2.5. Removal Efficiency and Reusability of Immobilized HRP and Mb

The efficiency of the immobilized HRP and Mb microspheres to remove organic pol-
lutants from wastewater was assessed and compared with enzyme-free sodium alginate
microspheres (control), in the presence of 15 mg/L H2O2. For this, we established single-
factor assays to investigate the effect of treatment time (0.5 to 6 h), the initial concentration
of organic compounds (5 to 50 mg/L), and amounts of microspheres (5 to 25) on the re-
moval efficiency of phenol, aniline, and p-nitrophenol. To prepare the aqueous solution of
organic contaminants, a stock solution of each contaminant was prepared by adding 50 mg
of each compound to 1 L of water. Subsequently, by employing serial dilution, different
concentrations of each organic compound were produced (i.e., 5 mg/L, 10 mg/L, 20 mg/L,
30 mg/L, 40 mg/L, 50 mg/L). To determine the removal efficacy, the concentration of the
organic compounds in treated aqueous solutions was evaluated with a UV–Vis spectropho-
tometer (UV2550, Shimadzu, Kyoto, Japan) at 270, 251, and 371 nm for phenol, aniline, and
p-nitrophenol [44].

To assess the reusability of the immobilized microspheres, the microspheres were
applied to aqueous solutions containing 5 mM of each phenol, aniline, and p-nitrophenol.
The microspheres were then removed from aqueous solutions using filters, and washed
with purified water before using in the next cycle. The reusability experiment consisted of
eight cycles, and the residue of each organic compound was assessed using the spectropho-
tometric method outlined above to examine the reusability of the immobilized enzymes.
To ensure for the maximum removal of organic compounds, the recovery of microspheres
and the assessment of residuals were performed at 6 h intervals.

2.6. Statistical Analyses

All enzymatic assays were performed using a randomized design with three replicates
for each treatment. All experiments were repeated in time, and as the variance of the
data from separate experiments were equal according to a Levene’s test, the data were
pooled. Experiments measuring enzymatic activity and stability were subjected to a t-test
at a significance level of 5%. For studies testing removal efficiency and reusability, we
used one-way ANOVA, and the means were compared using Tukey’s test at a 5% level of
probability. All statistical analyses were performed with SPSS v.21.

3. Results and Discussion
3.1. Characterization of Immobilized HRP and Mb

Myoglobin and HRP solutions (0.1 mmol·L−1) were mixed with calcium alginate (3.5%
w/v) in order to synthesize the microspheres, as shown in Figure 1. The capsulation of HRP
and Mb enzymes yielded 3-mm microspheres with a uniform size and a smooth surface
(Figure 2).

The SEM analysis of the microspheres revealed that their inner structure was collapsed
and damaged, likely as a result of water loss during freeze-drying, which led to the
formation of a lamellar structure (Figure 3a,c). It was noted that the inner structure of
immobilized microspheres contains evenly distributed small particles (Figure 3b,d). These
small particles likely represent the crystals of immobilized enzymes formed after the freeze-
drying treatment [23], as no particles were observed in the empty microspheres of sodium
alginate carries (Figure 3e,f). This result indicates that HRP and Mb were successfully
immobilized in the microspheres.
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To further prove that HRP and Mb were successfully entrapped in the carries, the
content of nitrogen was compared between the immobilized sodium alginate carrier and
the empty ones (Table 1). The results revealed that the nitrogen content of immobilized
microspheres was much higher than that of empty microspheres. The nitrogen content of
immobilized Mb and HRP was 14.1% and 11.9%, respectively.

Table 1. Elemental analysis of empty sodium alginate and immobilized myoglobin (Mb), and
horseradish peroxidase (HRP).

Sample Nitrogen Content (%) Carbon Content (%)

Empty sodium alginate 0.1 29.0
Immobilized Mb 14.1 32.8

Immobilized HRP 11.9 36.2

As nitrogen is a crucial component of enzymes [22], this result provides further
evidence for the immobilization of HRP and Mb in sodium alginate carriers. The peroxidase
activity of immobilized HRP and Mb was investigated using an ABTS assay, and the
results revealed that the enzyme activity of the immobilized Mb and HRP was 123.78 and
85.20 U/mg, respectively (Figure 4). This indicates that an immobilized HRP concentration
of nearly 1.5 times that of Mb is required to achieve similar absolute enzymatic activity.
These results are in agreement with a previously published study [45].

Water 2024, 16, x FOR PEER REVIEW 6 of 13 
 

 

To further prove that HRP and Mb were successfully entrapped in the carries, the 
content of nitrogen was compared between the immobilized sodium alginate carrier and 
the empty ones (Table 1). The results revealed that the nitrogen content of immobilized 
microspheres was much higher than that of empty microspheres. The nitrogen content of 
immobilized Mb and HRP was 14.1% and 11.9%, respectively. 

Table 1. Elemental analysis of empty sodium alginate and immobilized myoglobin (Mb), and horse-
radish peroxidase (HRP). 

Sample Nitrogen Content (%) Carbon Content (%) 
Empty sodium alginate 0.1 29.0 

Immobilized Mb 14.1 32.8 
Immobilized HRP 11.9 36.2 

As nitrogen is a crucial component of enzymes [22], this result provides further evi-
dence for the immobilization of HRP and Mb in sodium alginate carriers. The peroxidase 
activity of immobilized HRP and Mb was investigated using an ABTS assay, and the re-
sults revealed that the enzyme activity of the immobilized Mb and HRP was 123.78 and 
85.20 U/mg, respectively (Figure 4). This indicates that an immobilized HRP concentration 
of nearly 1.5 times that of Mb is required to achieve similar absolute enzymatic activity. 
These results are in agreement with a previously published study [45]. 

 
Figure 4. Absolute enzyme activity of immobilized myoglobin (Mb) and immobilized horseradish 
peroxidase (HRP). 

3.2. Stability of Immobilized Enzyme 
The effect of temperature, pH, and storage periods on the stability of immobilized 

HRP and Mb was assessed (Figure 5). According to the results, the activity of immobilized 
Mb and its corresponding free enzymes showed a generally increasing trend with increas-
ing the temperature, with their highest activity peaking at 35 °C (Figure 5a). However, a 
downward trend was recorded for the activity of both immobilized Mb and its native en-
zyme at temperatures greater than 35 °C. The immobilized HRP activity likewise in-
creased with increasing the temperature up to 35 °C, whereas the free HRP activity peaked 
at 45 °C (Figure 5b). Overall, the results showed that immobilization of both enzymes im-
prove their thermal stability when compared to their corresponding native enzymes, sug-
gesting the immobilization increased the rigidity of the HRP and Mb structures, hence 
limiting conformational changes in both enzymes at elevated temperatures [46]. However, 
the activity of immobilized Mb appeared to be less affected at low temperatures compared 

Figure 4. Absolute enzyme activity of immobilized myoglobin (Mb) and immobilized horseradish
peroxidase (HRP).

3.2. Stability of Immobilized Enzyme

The effect of temperature, pH, and storage periods on the stability of immobilized HRP
and Mb was assessed (Figure 5). According to the results, the activity of immobilized Mb
and its corresponding free enzymes showed a generally increasing trend with increasing the
temperature, with their highest activity peaking at 35 ◦C (Figure 5a). However, a downward
trend was recorded for the activity of both immobilized Mb and its native enzyme at
temperatures greater than 35 ◦C. The immobilized HRP activity likewise increased with
increasing the temperature up to 35 ◦C, whereas the free HRP activity peaked at 45 ◦C
(Figure 5b). Overall, the results showed that immobilization of both enzymes improve
their thermal stability when compared to their corresponding native enzymes, suggesting
the immobilization increased the rigidity of the HRP and Mb structures, hence limiting
conformational changes in both enzymes at elevated temperatures [46]. However, the
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activity of immobilized Mb appeared to be less affected at low temperatures compared to the
immobilized HRP. It is probable that the immobilization of Mb utilizing the methodology
implemented in this study provided Mb with greater resistance to low temperatures than
HRP. Immobilization offers a level of protection for enzymes, enhancing their stability and
minimizing their susceptibility to environmental influences, ensuring a more sustained
enzyme activity and improving processing effects [47].
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myoglobin (Mb) and horseradish peroxidase (HRP) storage periods.

The effect of pH on the activity of both immobilized Mb and HRP was investigated
and compared to their corresponding free enzymes. Generally, a different trend was
recorded between the response of both immobilized enzymes with increasing the level of
pH. The results showed that increasing pH progressively increased the activity of free and
immobilized Mb, and both responded similarly when pH increased from 3 to 6 (Figure 5c).
However, the greatest activity of the immobilized Mb was recorded at pH of 6, while the
free Mb was the most active at pH of 6.5. Despite this small difference, the activity of the
immobilized Mb and its native form remained at above 80% at a pH range of 6 to 8. On the
other hand, a different pattern in response to increasing the level of pH was recorded for
the immobilized HRP and its native enzyme. The results showed that the activity of the
immobilized HRP and its native form peaked at pH of 5 and 5.5, respectively. However,
there was a general downward trend in their activity at higher pH levels (Figure 5d). In
addition, the activity of immobilized HRP appeared to be greater at a pH range between
3 to 5, suggesting that immobilization improved acidic pH tolerance of HRP, possibly
owing to the hydroxyl and carboxyl groups on the surface of the support acting as buffer to
create a favorable environment for the enzyme. Overall, it appears that the immobilization
method employed in this research conferred broader pH tolerance to Mb than HRP, making
Mb preserve its activity at a wider range of pH [29,48].

The effect of storage on the stability of immobilized HRP and Mb was evaluated, and
the results showed that the activity of both immobilized enzymes and their corresponding
native forms progressively reduced with increasing the storage period (Figure 5e,f). How-
ever, the activity of the immobilized enzymes was less affected during storage compared
to their native forms. For instance, both immobilized enzymes retained over 85% of their
initial activity when they were stored for 15 days at 4 ◦C, while less than 70% activity was
recorded for the free enzymes over the same storage period. Additionally, after 30 days of
storage, the activity of free HRP and Mb dropped to 30% of their initial activity, while the
activity of immobilized HRP and Mb was greater than 65% after 30 days. These results
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indicated that immobilization provided a relatively stable microenvironment for HRP
and Mb molecules, making them less prone to inactivation during storage [31,49]. This
finding is consistent with prior research indicating that calcium alginate does not react
with the by-product and can effectively prolong the enzyme’s durability, hence resulting
in enhanced removal efficiency [50]. It has been suggested that the “egg-box” structure
formed by sodium alginate and calcium chloride can protect the secondary and tertiary
structures of embedded enzymes from damage during long-term storage periods [51].

3.3. Treatment of Organic Wastewater by Immobilized HRP and Mb
3.3.1. Single Factor Exploration

The effect of reaction time, initial concentration of organic pollutants, and the number
of microspheres on the efficiency of immobilized HRP and Mb in eliminating aniline,
phenol, and p-nitrophenol was evaluated. According to the results, the immobilized
HRP and Mb showed improved aniline, phenol, and p-nitrophenol removal efficacy with
longer reaction times (Figure 6). Immobilized Mb, however, consistently showed higher
removal efficiency of all organic pollutants than immobilized HRP. For instance, at 4 h after
treatment, almost 65%, 85%, and 32% of aniline, phenol, and p-nitrophenol, respectively,
was removed by the immobilized Mb, while the immobilized HRP only removed 40%,
75%, and 8% of aniline, phenol, and p-nitrophenol, respectively, over the same reaction
period. The greater removal efficacy recorded for the immobilized Mb under prolonged
reaction time is probably due to a greater synergistic effect between the Mb and the support
material compared to the immobilized HRP [52].
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Figure 6. The effect of different reaction periods (a–c), concentration of pollutants (d–f), and number
of microspheres (g–i) on the removal efficacy of aniline, phenol, and p-nitrophenol by immobi-
lized myoglobin (Mb) and horseradish peroxidase (HRP) relative to control (enzyme-free sodium
alginate microspheres).

Increasing the initial concentration of organic pollutants negatively influenced the
removal efficiency of both immobilized enzymes. According to the results, almost 100% of
aniline was removed by both immobilized enzymes when the concentration of this organic
pollutant was 5 mg/L (Figure 6d). However, increasing the concentration of aniline to
10 mg/L dramatically reduced the removal efficiency of the immobilized Mb and HRP to
40% and 18%, respectively. The removal efficiency of the immobilized HRP and Mb was less
than 10% when the concentration of aniline was greater than 20 mg/L. The greatest removal
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efficiency of both immobilized enzymes was achieved at 5 mg/L of phenol, and it was 74%
and 50% for the immobilized HRP and Mb, respectively (Figure 6e). The removal efficiency
of the immobilized HRP was reduced dramatically with increasing the concentration of
phenol, and it was 40% and 12% at 10 and 20 mg/L of phenol, respectively. Increasing
the concentration of phenol also reduced the removal efficiency of the immobilized Mb,
though not as prominent as that of the immobilized HRP. According to the results, the
removal efficiency of the immobilized Mb at 10 and 20 mg/L of phenol was 41% and
30%, respectively, which was greater than that recorded for the immobilized HRP. The
immobilized Mb was also found to be less affected by increasing the concentration of
p-nitrophenol compared to the immobilized HRP (Figure 6f). The results showed that
at 5 mg/L of p-nitrophenol, the immobilized Mb and HRP removed almost 20% and
10% of this organic pollutant, respectively. At a concentration range of 10 to 50 mg/L
of p-nitrophenol, the removal efficiency of the immobilized HRP notably reduced to less
than 10%, in contrast to the immobilized Mb, which had a greater removal efficiency at
this concentration range. Overall, these results indicate that the removal efficacy of both
immobilized enzymes is highly dependent on the concentration of pollutants, which is in
agreement with prior research [53,54].

A positive relationship was recoded between increasing the number of microspheres
and removal efficiency of the immobilized HRP and Mb, though the removal efficiency of
the immobilized Mb was always greater than that of the immobilized HRP, regardless of
the type of organic pollutants (Figure 6g–i). For instance, when the solutions containing
organic pollutants were treated with 15 microspheres, 60%, 55%, and 14% of aniline, phenol,
and p-nitrophenol, respectively, were removed by the immobilized Mb. While only 45%,
42%, and 3% of aniline, phenol, and p-nitrophenol, respectively, were removed by the
immobilized HRP, using the same number of microspheres.

The removal efficiency of both immobilized enzymes was assessed when the initial
concentration of organic pollutants was 10 mg/L, the number of microspheres was 10 and
15 for the immobilized Mb and HRP, respectively, and the reaction time was 2 h. The results
showed that the immobilized Mb had greater removal efficiency than the immobilized HRP,
regardless of the type of organic pollutants, as shown in (Figure 7). It was also noted that
organic pollutant removal efficiency followed the order of p-nitrophenol < aniline < phenol
for both immobilized Mb and HRP.
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3.3.2. Reusability

The reusability of the immobilized Mb and HRP was assessed when the initial con-
centration of organic pollutants was 10 mg/L, the number of microspheres was 10 and
15 for the immobilized Mb and HRP, respectively, and the reaction time was 1 h. The
results showed that both immobilized enzymes retained their removal efficiency of all three
organic pollutants up to eight cycles of treatment (Figure 8). According to the results, the
removal efficiency of the immobilized Mb after eight cycles of treatments remained at 48%,
55%, and 14% for aniline, phenol, and p-nitrophenol, respectively. The removal efficiency
of the immobilized HRP after eight cycles of treatment was 22%, 49%, and 2% for aniline,
phenol, and p-nitrophenol, respectively. Although the activity of Mb may not be as high as
that of HRP, the enhanced stability it achieved through immobilization resulted in more
efficient catalytic performance. Taken together, these results indicate that both immobilized
enzymes can be recycled up to eight times with a negligible loss in their activity during the
recycling process. The recyclability and stability of immobilized enzymes play an important
role in their applicability. Immobilized enzymes with improved stability and reusability
can make wastewater treatment procedures cost-effective [23,48,55].
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4. Conclusions

In this study, we immobilized HRP and Mb on microspheres made of sodium alginate
and calcium chloride, with glutaraldehyde as a crosslinking agent. The efficiency of the im-
mobilized HRP and Mb in eliminating aniline, phenol, and p-nitrophenol, three commonly
found organic pollutants in industrial wastewater, was subsequently evaluated. Both
immobilized enzymes could remove all three organic pollutants from aqueous solutions,
but the immobilized Mb was more effective than the immobilized HRP. Both enzymes were
more stable and rigid after immobilization against temperature and pH changes. After
30 days of storage at 4 ◦C, the immobilized enzymes retained higher activity than free
enzymes, and their ability to remove organic pollutants was maintained through eight
treatment cycles. Our research has led to the discovery of novel immobilized enzyme
microspheres and their application in wastewater treatment, which opens up new avenues
for further investigation. The findings of this research revealed that the immobilized Mb
performed better as the concentration of organic compounds and reaction period increased,
however, the underlying mechanism for this improvement is still unknown and needs
additional research. The limitation of our study is that it did not assess the efficacy of
both immobilized enzymes using industrial wastewater containing aniline, phenol, and
p-nitrophenol. In the future, a large-scale treatment system for organic wastewater will
be used to test the removal efficiency of immobilized HRP and Mb. In addition, further
research is required to facilitate the retrieval of microspheres from treated water by the
implementation of magnetic material techniques. Important to consider in biotechnological
applications is the environmental impact of immobilized enzymes. Although immobi-
lization frequently improves the stability and reusability of enzymes, the environmental
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repercussions of the materials and techniques utilized can differ. Therefore, in order to
obtain a thorough understanding of the trade-off between the effectiveness of the immo-
bilized Mb and HRP, and sustainable environmental practices, a holistic environmental
impact assessment should be employed.
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Abstract: As a toxic xenobiotic compound, the anthraquinone dye Remazol Brilliant Blue R (RBBR)
poses a serious threat to aquatic ecosystems. In the present study, the ability of Trametes hirsuta to
remove RBBR from the medium was investigated, and the role of adsorption by fungal mycelium and
biodegradation by fungal enzymes was evaluated. It was shown that the whole fungal culture was
able to remove up to 97% of the dye within the first four hours of incubation. Based on enzymatic
activities in the culture broth, laccases were proposed to be the main enzymes contributing to
RBBR degradation, and RT-qPCR measurements demonstrated an increase in transcription for the
two laccase genes—lacA and lacB. Composite mycelial pellets of T. hirsuta with improved adsorption
ability were prepared by adding activated carbon to the growth medium, and the induction of laccase
activity by carbon was shown. For composite pellets, the RBBR decolorization degree was about
1.9 times higher at 1 h of incubation compared to carbon-free pellets. Hence, it was shown that using
fungal mycelium pellets containing activated carbon can be an effective and economical method of
dye removal.
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1. Introduction

The textile industry is one of the most important sectors in the modern economy. At
the same time, it produces an enormous volume of dye-containing wastewater, causing a
serious impact on the environment. For example, about 10–50% of reactive dyes remain
unbound after the dyeing process [1] and can be discharged into industrial effluents. After
being released into water bodies, textile dyes reduce the penetration of solar light, which,
in turn, inhibits the primary productivity of aquatic ecosystems and increases biological
and chemical oxygen demand [2]. In addition, almost all dyes are typical xenobiotics that
cannot be naturally formed in the environment and, therefore, can have a toxic, mutagenic,
or carcinogenic effect on its inhabitants [3–5]. Therefore, the appropriate treatment of
dye-containing wastewater is an issue of utmost importance.

Currently, many physical or chemical methods for dye effluent treatment are pro-
posed. These methods include coagulation, ozonation, photocatalysis, absorption, etc. [6].
However, all these methods have several disadvantages, such as the use of additional
chemicals and high operating costs for large remediation volumes. Moreover, commercial
dyes are generally recalcitrant and light-resistant aromatic compounds, and their removal
by the methods mentioned above is usually inefficient [6,7]. On the contrary, many studies
have demonstrated the effectiveness of biological methods for dye removal. In addition,
biological aquaremediation does not cause secondary pollution from the chemicals used
and, as a result, is more environmentally friendly [8–10].
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One of the promising environmentally friendly, effective, and inexpensive biological
alternatives to physical and chemical methods of treating wastewater from synthetic dyes
is the removal of pollutants using the mycelial biomass of various filamentous fungi [7].
Growing in liquid media, filamentous fungi can form pellets—dense spherical mycelial
structures that can be regarded as ready-to-use granular biosorbents. This advantageously
distinguishes fungi from bacteria, the immobilization of which requires additional materials.
The fungal cell wall contains various functional groups that provide effective biosorption
for a wide range of compounds [11].

Among all filamentous fungi, the fungi that cause white rot of wood (i.e., white-rot
fungi) are of particular interest due to their unique ability to effectively metabolize many
types of highly recalcitrant phenolic compounds, including aromatic dyes [12–14]. The
first stages of the metabolic assimilation of aromatic compounds by white-rot fungi are
their extracellular and intracellular oxidative degradation. Currently, the main extracellular
oxidative enzymes of white rot fungi are considered to be laccases and class II (ligninolytic)
peroxidases [15], both of which are capable of degrading many types of aromatic dyes
through direct and indirect free radical oxidation processes [16–18]. The intracellular
oxidative enzyme system of white-rot fungi is primarily composed of cytochrome P450
mixed-function oxidases that are capable of catalyzing a wide range of reactions, including
hydroxylation, epoxidation, dealkylation, sulfoxidation, deamination, desulfurization,
dehalogenation, and nitro reduction [19].

Trametes hirsuta (Wulfen) Lloyd 1924 is a white-rot fungus belonging to the order
Polyporales. Its ligninolytic system has been extensively studied for the degradation
of lignin, xenobiotics, and monolignol-related compounds [20–23]. It was shown that,
depending on the structure of the compound being degraded, T. hirsuta may prefer either
laccases or peroxidases for its degradation. In the present study, the process of xenobiotic
removal by mycelial pellets of T. hirsuta was investigated using Remazol Brilliant Blue
R (RBBR) synthetic dye as a model compound. The aim of this study was to evaluate
the contribution of biosorption and enzymatic biodegradation to the overall dye removal
process and to enhance the overall removal capacity of the fungal pellets by incorporating
activated carbon into their structure. An additional goal of this study was to determine
which oxidative enzymes are primarily responsible for RBBR degradation by the mycelial
pellets of T. hirsuta.

2. Materials and Methods
2.1. Strain and Culture Conditions

The strain T. hirsuta LE-BIN 072 was obtained from the Komarov Botanical Institute Ba-
sidiomycetes Culture Collection (LE-BIN; St. Petersburg, Russia). It was stored on slant worth
agar until further use. For all experiments, T. hirsuta was pre-cultured on glucose-peptone
(GP) medium without agitation for 7 days at 28 ◦C. The composition of the GP medium
was as follows: (g·L−1): glucose—10.0; peptone—3.0; KH2PO4—0.6; ZnSO4 × 7H2O—0.001;
K2HPO4 × 3H2O—0.4; FeSO4 × 7H2O—0.0005; MnSO4 × 5H2O—0.05; MgSO4 ×—0.5;
CaCl2—0.25.

For all decolorization experiments, T. hirsuta was grown on a liquid-agitated GP
medium at 25 ◦C and 180 rpm. The dry weight of biomass was measured after reaching a
constant weight at 70 ◦C.

2.2. RBBR Decolorization by the Whole Fungal Culture

For the whole culture (i.e., mycelial pellets and culture broth) decolorization experi-
ment, T. hirsuta was grown for 5 days, and then RBBR was added to the final concentration
of 240 µM·L−1. For residual RBBR content analysis and RT-qPCR analysis, samples of cul-
ture broth were taken at 1, 2, 4, and 24 h of cultivation. Heat-inactivated (65 ◦C for 3 days)
samples were used as a control. For cytochrome P450 inhibition experiments, 500 µL of
piperonyl butoxide (PBO) per 200 mL flask was added. All experiments were performed in
three biological replicates.
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2.3. RBBR Decolorization by Fungal Pellets

For RBBR decolorization by fungal pellets (FP), T. hirsuta was grown for 5, 7, and
10 days; pellets were collected using filtration through nylon mesh and washed twice with
distilled water. Composite fungal pellets supplemented with activated carbon (FP-AC)
were grown as previously described in Section 2.1. The only exception was the addition of
activated carbon (1 g per 200 mL flask) ground into powder (<0.25 mm). Activated carbon
was purchased from Sigma (Sigma, St. Louis, MO, USA), product number C-2889.

RBBR decolorization by fungal pellets was performed at 25 ◦C and 70 rpm. About 1.0 g
(wet weight) of mycelial pellets was added to RBBR dissolved in 10 mL of citrate-phosphate
buffer (pH 4.5). The RBBR concentrations were 50, 100, 200, or 300 µM. Heat-inactivated
samples (65 ◦C for 3 days) were used as a control. All experiments were performed in three
biological replicates.

2.4. RBBR Decolorization Assay

Prior to measurements, samples were centrifuged at 13,000 rpm for 3 min. Residual RBBR
content in the samples was measured spectrophotometrically at 592 nm (absorbance maximum)
using a Lambda 35 UV/VIS spectrophotometer (Perkin Elmer, Waltham, MA, USA). The
decolorization degree was calculated as follows: (OD592

initial − OD592
final)/OD592

initial × 100.

2.5. RT-qPCR Analysis

The RNA extraction, reverse transcription, and qPCR analysis for laccase genes were
performed as described in Moiseenko et al. [21]. Briefly, collected fungal mycelium was
ground in liquid nitrogen; RNA was extracted using Trizol reagent (Invitrogen, Waltham,
MA, USA) and treated with DNase I (Thermo Scientific, Waltham, MA, USA) according
to the manufacturer’s protocol. The reverse transcription was performed with the MMLV
RT kit (Evrogen, Moscow, Russia) using 100 ng of RNA and polyA-specific primers. All
qPCR reactions were performed on the StepOnePlus Real-Time PCR System (Thermo Fisher
Scientific, Waltham, MA, USA) using qPCRmix-HS SYBR+ROX (Evrogen, Moscow, Russia)
according to the manufacturer’s protocol. All primers are available in Moiseenko et al. [21].

The transcription levels of target genes relative to the transcription of the control gene,
β-tubulin, were calculated as follows: RQ = 2Ct(laccase)/2Ct(β-tubulin).

2.6. Enzyme Activity Assays

Laccase activity was measured using 2,2′-azino-bis(3-ethylbenzothiazoline-6-sulfonic
acid) (ABTS) as a substrate [24]. The reaction mixture contained 50 µL of sample and
2 mL of 1 mM ABTS in sodium acetate buffer (0.1 M; pH 4.5). Absorbance increase at
436 nm (ε436 = 29,500 M−1cm−1) was monitored for 3 min using a Lambda 35 UV/Vis
spectrophotometer (Perkin Elmer, Waltham, MA, USA).

Manganese-dependent peroxidase activity was measured using Mn2+ as a substrate.
The method was adopted from work [25] and slightly modified. The reaction mixture
contained 1760 µL of sodium tartrate buffer (0.1 M; pH 3.0), 200 µL of 1 mM MnSO4,
40 µL of 5 mM H2O2, and 50 µL of sample. The formation of the Mn3+-tartrate complex
was monitored at 238 nm (ε238 = 6500 M−1cm−1) for 3 min using a Lambda 35 UV/Vis
spectrophotometer (Perkin Elmer, Waltham, MA, USA).

Manganese-independent peroxidase activity was measured using veratryl alcohol as
a substrate [26]. The reaction mixture contained 1760 µL of sodium tartrate buffer (0.1 M;
pH 3.0 or 5.0), 200 µL of 100 mM veratryl alcohol, 40 µL of 5 mM H2O2, and 50 µL of sample.
The formation of veratryl aldehyde was monitored at 310 nm (ε310 = 9300 M−1cm−1) for
3 min using a Lambda 35 UV/Vis spectrophotometer (Perkin Elmer, Waltham, MA, USA).

All enzymatic activities were expressed as units (U) per mL, where 1 U corresponds to
the formation of 1 µmol of product per minute.
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3. Results
3.1. Decolorization of RBBR by the Whole Fungal Culture

The role of sorption and enzymatic degradation in the process of RBBR (Figure 1B)
decolorization by the whole culture of T. hirsuta (i.e., mycelial pellets and culture broth) was
assessed during short-term incubation in the presence of the dye. To evaluate the role of
extracellular enzymes, a culture broth without mycelium was used for RBBR decolorization.
To evaluate the role of intracellular enzymes from the cytochrome P450 family, the inhibitor
of cytochrome P450, PBO, was added to the whole culture prior to RBBR decolorization.
To evaluate the role of sorption by fungal mycelium, the whole fungal culture was heat
inactivated until extracellular enzymatic activities were totally inhibited.
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Figure 1. (A) The degree of RBBR decolorization by the whole culture, PBO-inhibited culture, culture
broth, and heat-inactivated whole culture of T. hirsuta. (B) RBBR structure.

The whole culture of T. hirsuta decolorizes RBBR up to 97% within the first four hours
of incubation (Figure 1A), and the addition of PBO to the whole culture did not significantly
affect the decolorization degree. The latter suggests that cytochrome P450 enzymes were
not largely responsible for RBBR decolorization in the chosen conditions. At the same
time, extracellular enzymes contained in the culture broth were able to degrade up to
94% of RBBR in 24 h, but the decolorization rate was much lower than that of the whole
culture. Heat-inactivated culture decolorizes about 60% of RBBR within the first 4 h with
no significant changes afterwards. Thus, we can conclude that adsorption occurs mainly in
the first 4 h of incubation.

Enzymatic activities of laccase, manganese-dependent peroxidase, and manganese-
independent peroxidase were measured before the addition of RBBR and after 24 h of
incubation with the dye. Laccase activity did not change significantly after the addition of
RBBR; only a weak tendency (0.05 < p < 0.1, Student’s t-test) for its increase was observed
(26 ± 5 before RBBR addition vs. 31 ± 7 U·mL−1 after 24 h of incubation). The manganese-
dependent peroxidase activity was 11 ± 3 U·mL−1 before the addition of RBBR and almost
depleted after 24 h of incubation with the dye. Manganese-independent peroxidase activity
was absent before and after RBBR addition.

3.2. Transcriptional Response of Laccases to RBBR

As demonstrated in Section 3.1, laccase activity was predominant in the culture broth
during RBBR decolorization. It was previously demonstrated that the genome of T. hirsuta
contains seven nonallelic copies of laccase genes (lacA-lacG) [21]. To find out which laccases
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were induced by the presence of RBBR, a classical before-and-after experimental design
with three biological replicates (i.e., three flasks) was adopted. From each flask, mycelium
was collected before (0 h) the addition of RBBR and at certain time points (2, 4, and 24 h)
after the introduction of the dye. The obtained values of gain scores (i.e., differences in
log2(RQ) and log2(RQ0h)) were averaged for all biological replicates and represented as a
clustered heat-map in Figure 2.
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With respect to their transcriptional patterns, all laccase genes formed three clusters.
The first cluster comprised lacA and lacB, whose transcription was induced by the presence
of RBBR or its oxidation products in the culture broth. Transcription of lacA demonstrated
almost three-fold induction at 2 and 4 h of cultivation, after which it returned to the same
level as at the beginning of the experiment. In comparison with lacA, transcription of lacB
was induced with a delay; it was unchanged at 2 h of cultivation and two-fold induced
at 4 and 24 h. This suggests that the transcription of lacB may be more sensitive to the
oxidation products of RBBR than to the dye itself. The second cluster comprised lacC and
lacE, whose transcription levels were unaltered by the introduction of RBBR. The third
cluster comprised lacD, lacF, and lacG, whose transcription levels were almost four-fold
suppressed at all studied time points.

3.3. Formation of Composite Fungal Pellets Supplemented with Activated Carbon

In order to improve the adsorption properties of fungal pellets, activated carbon was
added to the GP medium, and T. hirsuta was cultivated for 5, 7, and 10 days. The content
of activated carbon in the composite FP+AC pellets was calculated based on the amount
of carbon remaining after the cultivation. T. hirsuta pellets grown without the addition of
activated carbon were used as a control.

The addition of activated carbon inhibited the growth of T. hirsuta. While FP achieved
its maximal dry biomass weight on the 7th day of cultivation, FP+AC achieved the same
dry biomass weight on the 10th day (Table 1). The activated carbon content was the highest
on the 5th day of cultivation (64%), and it significantly decreased on the following days.
Interestingly, activated carbon was mostly entrapped in fungal mycelium on the first days
of cultivation. Fungal morphology also changed when activated carbon was added to the
growth medium. While FP had developed hairy region, the hairy region was almost absent
in FP+AC. Instead, FP+AC had a smooth black surface after 5 and 7 days of cultivation.
However, on the 10th day of cultivation, a black core of FP+AC was totally covered by light
and hairy fungal mycelium (Supplementary Figure S1), despite the fact that more than half
of the initial amount of activated carbon remained in the cultural media at that moment.

Along with growth inhibition, strong laccase induction was observed during the
cultivation of FP+AC. Compared to FP culture, laccase activity was induced more than
60 times in FP+AC, reaching 1518± 399 U·mL−1 on the 10th day of cultivation. In addition,
during the cultivation of FP, laccase activity decreased from 5 to 10 days, but the opposite
situation was observed during the cultivation of FP+AC. Manganese-dependent peroxidase
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activity was slightly increased in FP+AC; in both FP and FP+AC, its growth was observed
from day 5 to day 10. Manganese-independent peroxidase activity was observed at the
trace level only in FP+AC on the 10th day of cultivation.

Table 1. Properties of fungal pellets (FP) and fungal pellets supplemented with activated carbon
(FP+AC).

FP FP+AC

Day 5 7 10 5 7 10

Dry weight, g 0.65 ± 0.11 1.23 ± 0.28 0.91 ± 0.20 0.34 ± 0.12 0.80 ± 0.19 1.52 ± 0.15
Activated carbon content, % - - - 64 32 23

Laccase activity, U·mL−1 25 ± 3 16 ± 4 7 ± 1 936 ± 196 1254 ± 395 1518 ± 399
Mn-dependent peroxidase activity, U·mL−1 9 ± 2 12 ± 4 19 ± 3 0 15 ± 1 25 ± 3

Mn-independent peroxidase activity,
U·mL−1 0 0 0 0 0 0.4 ± 0.1

3.4. Decolorization of RBBR by Composite Fungal Pellets Supplemented with Activated Carbon

The decolorization of RBBR by composite fungal pellets supplemented with activated
carbon was studied in comparison with carbon-free fungal pellets. For both pellet types,
heat-inactivated controls were used to estimate their adsorption properties in the absence
of enzymatic activity. To avoid interference with the activity of already secreted enzymes,
pellets were thoroughly washed prior to the RBBR decolorization measurements.

Both FP and FP+AC were tested for RBBR decolorization ability on different days of
cultivation (Figure 3). The FP collected on the 5th and 7th days of cultivation were the most
effective and demonstrated 84% and 87% of RBBR decolorization after 4 h of incubation,
respectively. Both FP collected on the 5th and 7th days of cultivation were able to decolorize
93–95% of RBBR after 24 h of incubation; also, for these FP, the contribution of sorption
and biodegradation to the overall RBBR removal was almost the same. The FP collected
on the 10th day of cultivation were much less effective in RBBR decolorization. However,
according to the data on heat-inactivated FP, FP collected on the 10th day of cultivation had
more pronounced adsorption properties than FP collected on the 5th and 7th days. This
could be explained by the increase in the adsorbing area of the mycelium due to its erosion,
since at the late stages of cultivation (from 7 to 10 days of cultivation), the degradation of
biomass was observed. Also, during the first 2 h of RBBR decolorization by FP collected
on the 10th day of cultivation, only adsorption was observed, suggesting that oxidative
enzymes were secreted by these FP only at the late stages of incubation with the dye. Thus,
it was shown that the pellets collected somewhere between 5 and 8 days of cultivation
are more effective for dye decolorization since, besides demonstrating good adsorption
properties, they also actively secrete oxidative enzymes.

As with the decolorization of RBBR by the whole fungal culture, the dye was absorbed
by FP within the first few hours of incubation, and the remaining dye was further degraded
by the fungal extracellular enzymes. It is worth noting that the absorbed dye that was visible
inside the pellets was degraded within the following 24 h (Supplementary Figure S1). Thus,
after being absorbed by FP, RBBR was subjected to biodegradation, making the desorption
of the dye from the pellets back into the environment impossible.

The overall tendency of RBBR decolorization by FP+AC was similar to that observed
for FP (Figure 3); however, their adsorption efficiency was significantly increased. The most
effective were FP+AC collected on the 7th day of cultivation, followed by FP+AC collected
on the 5th and 10th days. Interestingly, the content of activated carbon in FP+AC collected
on the 7th day of cultivation (32%) was lower than that in FP+AC collected on the 5th day
(64%). This may be due to the different porosities and accessibilities of activated carbon
entrapped in the pellets collected at different growth stages. The low adsorption efficiency
of FP+AC collected on the 10th day of cultivation can be explained by the different pellet
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morphology since access to activated carbon in the core of the pellets was hindered by the
covering mycelium (see Section 3.2).
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Figure 3. The decolorization of RBBR (with a starting concentration of 50 µM) by fungal pellets (FP)
and fungal pellets supplemented with activated carbon (FP+AC) that were collected on the 5th, 7th,
and 10th day of T. hirsuta cultivation.

The role of biodegradation by enzymes in FP+AC was not as significant as in the
case of carbon-free pellets, since RBBR was readily adsorbed by pellets at the first hours
of incubation with the dye. It should also be noted that the UV/Vis spectra of RBBR
solutions decolorized by FP+AC showed significantly lower absorbance at ~500 nm
(Supplementary Figure S2). This can be explained by the adsorption of not only RBBR
but also its degradation products. Since some products of RBBR degradation can also be
toxic to the environment [27], their adsorption is an additional advantage of FP+AC use.

Since at the initially tested concentration (50 µM) adsorption of RBBR to FP+AC pre-
vailed over biodegradation in the overall dye decolorization process, the best-performing
FP+AC, collected on the 5th and 7th day of cultivation, were tested at elevated RBBR
concentrations. As can be seen from the presented data (Figure 4), with increasing con-
centrations of RBBR, the contribution of adsorption to the overall decolorization process
was decreasing, and the contribution of biodegradation through the enzymatic process
was increasing. At the same time, it can be noted that the efficiency of FP+AC collected on
the 5th day of cultivation drops significantly, while FP+AC collected on the 7th day still
decolorized about 90% of RBBR in 4 h of incubation, even at the highest concentration of
RBBR (300 µM).
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4. Discussion

As a toxic xenobiotic compound, RBBR poses a serious threat to aquatic ecosystems.
Belonging to anthraquinone dyes, RBBR has a complex aromatic structure and, therefore,
is extremely recalcitrant to degradation [28]. Currently, there are two promising bioreme-
diation methods suitable for removing complex, recalcitrant aromatic compounds from
wastewater: biosorption and enzymatic biodegradation. It is noteworthy that mycelial
pellets, which can be formed by white-rot fungi under certain cultivation conditions, can
be both an efficient adsorbent of aromatic compounds and a source of oxidative enzymes
that are able to degrade different xenobiotics of aromatic nature [7,9,29]. Moreover, the
formation of mycelium-based composites by the inclusion of various materials into the
fungal pellets can significantly improve their bioremediation potential. Fungal immobiliza-
tion could be performed with lignocellulose agricultural residues (wheat straw, rice hull,
corn cob, etc.), wood chips, polyurethane foam, alginate beads, biochar, activated carbon,
and others [2,9,10,30]. Immobilized fungal cultures could have enhanced stability and
enzymatic activity. Also, the use of fungal pellets and mycelium-based composites solves
the very important problem in xenophobic adsorption—regeneration of adsorbents; since
xenobiotics concentrated by fungal pellets or mycelium-based composites can be further
locally degraded by fungal enzymes and even totally metabolized by fungal mycelium [2].

Despite their huge potential in bioremediation, there is a limited amount of information
regarding the use of fungal pellets, especially fungal mycelium-based composites, for the
removal of textile dyes. Most of the published studies are still concentrated on pure
adsorption or pure enzymatic degradation processes. The current work showed that self-
immobilized on activated carbon mycelial pellets of T. hirsuta can effectively decolorize
RBBR in the concentration range of 50–300 µM in less than 24 h and showed the substantial
contribution of both biosorption and biodegradation to this process.

From the perspective of enzymatic degradation, several previous works have in-
vestigated which enzymes may be involved in the degradation of RBBR by cultures of
white-rot fungi. Based on enzymatic activities in a culture broth, it was shown that for
the cultures of Irpex lacteus [31–33], Ischnoderma resinosum, and Pleurotus calyptratus [34],
the main degrading enzymes were manganese-dependent peroxidases. At the same time,
fungi such as Pleurotus ostreatus [35,36], Trametes pubescens [35], Funalia trogii [37], and
Trametes versicolor [38] mainly relied on laccases in the process of dye degradation. Also, for
Dichomitus squalens, the work of Šušla et al. [39] demonstrated the main role of laccases in
the RBBR decolorization process, while the work of Eichlerová et al. reported cooperation
between laccases and manganese-dependent peroxidases [34]. In our work, on the basis
of enzymatic activities in the culture broth, it was shown that for T. hirsuta, the main
RBBR-degrading enzymes were laccases. It should be noted that in the above-mentioned
works, the maximum laccase activities, measured with ABTS as a substrate, varied from
0.05 to 2 U·mL−1 [34–36,39], while in our work, T. hirsuta demonstrated laccase activity of
31.7 U·mL−1. This drastic difference may be due to different fungal cultivation conditions
in those studies, specific features of T. hirsuta as a good laccase-producing strain, and
individual characteristics of the major T. hirsuta laccase isozyme, LacA, which possesses
high catalytic efficiency towards ABTS [40].

Since, on the basis of enzymatic activity in the culture broth, it is almost impossible
to determine which of the seven laccase isozymes presented in the T. hirsuta genome was
induced by RBBR, we used RT-qPCR to clarify this point. As a result, it was shown that
for T. hirsuta, the presence of RBBR induced the transcription of lacA and lacB, while the
transcription of the other laccase genes was either suppressed or unaffected. Previously,
we have already shown that, as a universal “expressed by default” oxidative exoenzyme,
LacA plays an important role in the detoxification of small aromatic compounds by T.
hirsuta [21,23]. With respect to LacB, most probably its delayed induction was related to the
accumulation of specific degradation products formed by the action of LacA. The sequential
induction of several laccase genes by RBBR with simultaneous suppression of others was
already reported for white-rot fungi. For Ganoderma lucidum, transcription of five laccase
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genes increased immediately after RBBR introduction, and transcription of all laccase genes
except one was suppressed after 10 h of cultivation [41]. For P. ostreatus, RBBR induced the
transcription of four laccases [42]; however, it is worth noting that in this work, samples
were taken within 120–552 h, and data on the depletion of the dye in the medium were not
provided, so it is difficult to conclude whether the induction of laccases occurs as a result
of RBBR addition or the appearance of its oxidation products.

From the perspective of biosorption, although some industrial dyes have already
been tested for biosorption by the mycelia of white-rot fungi [43–46], there is very little
information available on RBBR. In the studies of Erkurt et al., microscopic examinations
of pellets formed by P. ostreatus, T. versicolor, and F. trogii did not show adsorption of
RBBR to mycelium [47]. Similarly, several works in which adsorption was investigated
via the extraction of residual dye from fungal mycelium did not report this mechanism
as relevant to the decolorization process [34,48,49]. However, in later works, the action of
intracellular or cell-wall-associated enzymes could be underestimated as they were not
inactivated during the experiments. In our work, using the heat inactivation procedure,
it was demonstrated that for T. hirsuta, the first rapid step in RBBR decolorization was
the adsorption of the dye by fungal mycelium, and biodegradation followed thereafter.
According to our data, adsorption of mycelium contributes a lot (up to 60%) to the RBBR
decolorization by T. hirsuta. Importantly, similar conclusions were made for F. trogii when
a heat-inactivated control was used [50]. Hence, heat-inactivated control seems to be
extremely relevant for the evaluation of dye adsorption by fungal mycelium.

Although activated carbon is an effective adsorbent for many industrial dyes [51],
the necessity of its regeneration seriously hinders its applications. Typically, pollutants
adsorbed by activated carbon remain entrapped in its porous structure but are not de-
graded. This problem can be overcome by including activated carbon in mycelium-based
composites, since these composites combine the advantages of physical adsorption on
activated carbon, biosorption on fungal mycelium, and biodegradation by fungal enzymes.
Previously, composite fungal pellets containing activated carbon or biochar were stud-
ied for the degradation of different dyes [44,52,53], phenanthrene [54], and heavy metal
ions [55,56]. Remarkably, in our work, activated carbon not only significantly improved
the adsorption capacity of fungal pellets but also drastically increased the laccase activity
during the cultivation of T. hirsuta. To the best of our knowledge, this is the first report on
the induction of laccase in white-rot fungus by activated carbon. In previous reports on
the growth of F. trogii [57] and Phlebia radiata [58] in the presence of carbon, laccase induc-
tion was absent. There is only one report on laccase induction by carbon in Physiporiopsis
rivulosus [59]; however, in addition to carbon, the cultivation medium was supplemented
with sawdust.

A possible explanation for the induction of T. hirsuta laccases by activated carbon is
the presence of polycyclic aromatic hydrocarbons or other aromatic compounds formed
during pyrolysis in its composition [59]. As it was previously shown, these compounds
could be laccase inducers [23,60–64]. Thus, at least in the case of T. hirsuta, the inclusion
of activated carbon not only improves the adsorption properties of fungal pellets but also
increases the production of laccase. However, to elucidate the exact mechanism of laccase
induction by activated carbon, further investigations are needed.

5. Conclusions

Currently, bioremediation of synthetic dyes using pellets formed by filamentous fungi
is a hot topic of research, and basidiomycete fungi causing white rot of the wood are
extremely promising candidates for developing this technology. In this article, it was
demonstrated that pellets of T. hirsuta were able to efficiently decolorize RBBR. The overall
process of dye decolorization included two main mechanisms—biosorption onto fungal
mycelium and biodegradation by the extracellularly secreted oxidative enzymes. While
in the first few hours, biosorption was the predominant process, in the later stages of
incubation, biodegradation became more and more pronounced. It was determined that
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the main enzyme used by T. hirsuta for RBBR degradation was laccase, and it was proposed
that the fungus mainly used two out of seven laccase isoenzymes (i.e., products of different
nonallelic genes) encoded in its genome—LacA and LacB. The presence of activated carbon
as a part of the mycelium-based composite not only increased the adsorption capability of
the fungal pellets but also stimulated laccase secretion by the fungus. As a result of this
synergistic effect, self-immobilized on activated carbon mycelial pellets of T. hirsuta were
much more efficient than carbon-free mycelial pellets for RBBR decolorization. Therefore,
fungal pellets of T. hirsuta supplemented with activated carbon could be a promising RBBR-
removing agent that combines both adsorption by activated carbon, biosorption by fungal
mycelium, and biodegradation by fungal enzymes.

Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/w16010133/s1. Figure S1: Mycelium appearance at different time
points of RBBR degradation. Figure S2: UV/Vis spectra of RBBR before degradation (black line) and
after degradation by fungal pellets (FP, red line) and fungal pellets supplemented with activated
carbon (FP+AC, blue line) for 24 h.
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32. Kasinath, A.; Novotný, Č.; Svobodová, K.; Patel, K.C.; Sasek, V. Decolorization of synthetic dyes by Irpex lacteus in liquid cultures
and packed-bed bioreactor. Enzyme Microb. Technol. 2003, 23, 167–173. [CrossRef]

33. Šušla, M.; Svobodová, K. Effect of various synthetic dyes on the production of manganese-dependent peroxidase isoenzymes by
immobilized Irpex lacteus. World J. Microbiol. Biotechnol. 2008, 24, 225–230. [CrossRef]

34. Eichlerová, I.; Homolka, L.; Lisá, L.; Nerud, F. Orange G and Remazol Brilliant Blue R decolorization by white rot fungi Dichomitus
squalens, Ischnoderma resinosum and Pleurotus calyptratus. Chemosphere 2005, 60, 398–404. [CrossRef] [PubMed]

35. Casieri, L.; Varese, G.C.; Anastasi, A.; Prigione, V.; Svobodová, K.; Filippelo Marchisio, V.; Novotný, Č. Decolorization and
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Abstract: The effect and mechanism of phenol removal by immobilized microorganisms in Fe3O4

nanomaterial-modified pharmaceutical residue biochar was investigated to develop efficient biochar
immobilizing microbial technology. Plant residue biochar (Y3, Y5, and Y7) was prepared from
Andrographis paniculata plant residues as the raw material at 300 ◦C, 500 ◦C, and 700 ◦C, respectively.
Y7 was modified with Fe3O4 nanomaterial (Fe-Y7). These four kinds of biochars were used as carriers
to adsorb immobilized Alcaligenes faecalis strain JH1, JY3, JY5, JY7, and Fe-Y7 to investigate the
mechanism of phenol removal, and eight cycles were performed to analyze their immobilization
performance. Compared with suspended bacteria, biochar-immobilized bacteria could improve
their tolerance in different environments. At temperatures of 25 ◦C to 40 ◦C, pH = 5~9, initial
phenol concentration of 300–500 mg/L, and salinity of 3%, the bacteria could still grow and maintain
strong activity within 48 h. The water-extractable organic carbon of biochar was also tested for
the degradation of phenol by bacteria, which was found to have different stimulating effects on
bacteria. In the batch experiments, as the number of cycles increased, the bacteria grew and adhered
rapidly to the biochar, eventually forming a thick and sticky biofilm. After the sixth cycle, all the
biochar-immobilized bacteria could remove 300 mg/L phenol solution within 12 h. The removal
rate of phenol by JFe-Y7 was relatively fast in the eighth cycle. The results indicated that biochar-
immobilized bacteria have good durability, stability, and reproducibility and that Fe3O4 nanoparticle
modification could improve the removal of phenol by increasing the phenol adsorption amount, the
adsorption capacity of bacteria, and the enzymatic activity of bacteria.

Keywords: biochar; immobilization; bacteria; phenol; mechanism

1. Introduction

Phenol is widely utilized in various industries such as pharmaceuticals, textiles, coal
gasification, leather production, resin synthesis, pulp and paper manufacturing, paint
production, and wood processing [1]. It is important to note that phenol has also been
classified as a priority pollutant by the United States Environmental Protection Agency (US
EPA) [2]. Phenol has a wide range of toxic effects for both acute and chronic exposures,
is carcinogenic, and is one of the endocrine-disrupting compounds that cause serious
hazardous damage to human health and the environment [3,4].

At present, the primary methods employed for treating phenol-containing wastewater
encompass adsorption, biodegradation, solvent extraction, and chemical oxidation [5].
Among these methods, biodegradation has emerged as the most promising, practical,
and cost-effective approach for effectively removing phenol from chemical production
processes [6]. However, the application of bioremediation at contaminated sites is greatly
limited because microorganisms usually exhibit unsatisfactory survivability and activity
in the face of load shock and highly heterogeneous environmental media [7]. To tackle
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these concerns, one potential solution is the utilization of cell immobilization in microbial
treatment, where microorganisms are confined to a specific spatial region. This confinement
ensures the sustained biological activity and rapid proliferation rates, thereby enhancing
the overall efficiency [8].

Biochar, a carbon-rich and porous substance, is created through the controlled thermal
conversion of biomass in a low-oxygen environment, typically below temperatures of
600 ◦C [9]. Due to its large specific surface area and the presence of negatively charged
organic functional groups, it possesses strong adsorption capacity, which makes it an
effective adsorbent for the removal of various pollutants from wastewater, including metals
and organic compounds [10]. It is highly efficient, low cost, easy to apply, and produces
few byproducts compared to conventional alternatives [11]. However, biochar obtained
by the high-temperature cracking of biomass has limited functional groups and porosity,
so it is modified before and after biomass cracking by oxidation, sulfonation, amination,
and compounding to adjust the surface functionality and introduce abundant functional
groups or nanomaterials into the surface of biochar to change its porosity and surface
functionality [12,13].

Immobilized microbial technology is a bioengineering technique that uses physical or
chemical means to confine free microorganisms to a specific area so that they can maintain a
relatively high level of biological activity in a highly dense state and can be used repeatedly.
The most common microorganisms immobilized by carriers are fungi as well as bacteria [14].
Research has shown that the biomass of calcium alginate-immobilized Bacillus cereus strain,
capable of degrading phenolic compounds in petroleum wastewater, exhibits excellent
biodegradation efficiency. Microbial treatment has been found to reduce Chemical Oxygen
Demand (COD) levels and phenolic compound concentrations by a remarkable 95% [15].
Although traditional immobilization techniques have their own advantages, they all have
shortcomings. Therefore, to improve the immobilization effect and treatment efficiency,
compound immobilization methods have been derived from basic immobilization methods,
which can enhance immobilization techniques by co-fixing mixed strains of bacteria, or
bacteria and algae, or by improving the carriers of immobilized microorganisms.

Biochar is an ideal immobilization carrier, characterized by its large surface area,
porous structure, and strong stability [16]. The immobilization of microorganisms with
biochar occurs through the coordinated impregnation of pollutant-degrading microorgan-
isms and biochar. This synergistic approach enhances the mass transfer of pollutants from
the contaminated environment to the degrading microbial community, while promoting the
enrichment of degrading bacteria to form a biofilm [17]. Zhuang [18] investigated Fe3O4
nanoparticles loaded with bamboo charcoal (Fe3O4/BC) and immobilized Streptomyces sp.
N01 for quinoline removal from water. The results showed that bamboo charcoal enhanced
the enzymatic activity as a barrier for bacteria, while Fe3O4 nanoparticles improved the
cell permeability; thus, the quinoline degradation efficiency was significantly improved.
However, there is still a scarcity of systematic studies on the removal of phenol by microor-
ganisms immobilized on modified biochar. Singh and Balomajumder [19] investigated the
effect of the simultaneous removal of S. odorifera (MTCC 5700) immobilized on the surface of
coconut shell-activated carbon (CSAC) from single- and two-component aqueous solutions
in an intermittent reactor on phenol. The simultaneous removal of phenol using S. odorifera
(MTCC 5700) immobilized on the CSAC biosorbent surface exhibited superior performance
in the binary component system compared to the single component biosorbent system.

In this paper, Andrographis herb residue, which is not easily disposed, was selected as
the raw material for biochar. Biochar pyrolyzed under different temperatures and modified
with Fe3O4 was selected for the adsorption and immobilization of bacteria to determine the
differences caused by these factors and their effects on bacterial immobilization. Simultane-
ous degradation of phenol by dioxygenases requires a metal cofactor, most commonly Fe(II)
or Fe(III) [20]. The nanomaterial Fe3O4 was chosen for modification to form loaded biochar.
The biochar was used as a carrier to adsorb the immobilized strain JH1 to investigate the
mechanisms of phenol removal and to analyze the performance of multiple recycling.
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2. Materials and Methods
2.1. Chemicals and Culture Medium

Phenol (>99% purity) was acquired from Aladdin (Shanghai, China). All other chem-
icals used in this study were of analytical grade and were obtained from local suppliers.
The Luria-Bertani (LB) medium consisted of 10.0 g/L tryptone, 5.0 g/L yeast extract, and
10.0 g/L NaCl (pH = 7.0). The mineral salt medium (MSM) was comprised of 1.0 g/L
Na2HPO4, 0.5 g/L KH2PO4, 0.03 g/L MgSO4·7H2O, and 1 mL of trace element solu-
tion (pH = 7.0). The trace element solution contained 0.2 g/L MnCI2·4H2O, 0.24 g/L
CoCl2·6H2O, 0.15 g/L NaMoO4·2H2O, 0.15 g/L FeCl3·6H2O, 0.16 g/L ZnSO4·7H2O, and
0.2 g/L NiCl2·6H2O. Addition of AGAR (15 g/L) to form solid medium. The LB medium
or MSM medium were incubated in an orbital shaker at 30 ◦C and 150 rpm.

A dominant phenol-degrading strain was domesticated from coking wastewater in
Nanchang, Jiangxi Province, China, and named Alcaligenes faecalis strain JH1. In brief,
30 mL of coking wastewater sludge supernatant was added to a conical flask containing
70 mL of MSM medium with 10 mg phenol. The samples were then incubated in an orbital
shaker at 30 ◦C and 150 rpm. After 2 to 7 days of culturing, a 30 mL portion of the culture
solution was transferred and underwent subculturing under the same conditions. After
subculturing for 6 generations, strain JH1 could metabolize and remove phenol effectively
with phenol as the only carbon source.

2.2. Fe3O4 Nanoparticle-Modified Biochar Preparation

Andrographis paniculata slag residue was obtained from the Guangdong Pharmaceutical
University laboratory. The biomass materials were prepared by the slow pyrolysis method.
First, the dried biomass materials were processed by crushing them using a high-speed
multifunctional crusher, sifted through a 2 mm sieve, and then transferred to a quartz-tube
furnace (SK-G06123K, Tianjin, China). Then, under a constant supply of nitrogen, biomass
materials were pyrolyzed separately at 300 ◦C, 500 ◦C and 700 ◦C for 2 h at a heating rate
of 5◦/min. After cooling to room temperature, they were ground through a 100-mesh sieve,
washed with deionized water, and dried for 12 h in an oven at 80 ◦C. Finally, the biochars
of medicinal residue (Y3, Y5, Y7) were packed in Ziplock bags and stored in a desiccator.

In this study, Y7 was modified by Fe3O4 nanoparticles [1]: 5 g biochars were suspended
in a mixture of 100 mL FeCl3·6H2O (2.9 g, 10.8 mmol) and FeSO4·7H2O (6.0 g, 21.5 mmol)
at 70 ◦C, and then 10 mL NaOH solution (5 mol/L) was added to precipitate Fe3O4
nanoparticles under an N2 atmosphere. The obtained materials were dried for 24 h in an
oven at 70 ◦C and expressed as Fe-Y7. The chemical formula of the reaction process is Fe2+

+Fe3+ + 8OH− = Fe3O4↓ + 4H2O.

2.3. Material Characterization

The percentage of C, H, N, and S in the elemental composition of biochar was di-
rectly determined by a UNICUBE elemental analyzer, and the content of O could be
calculated by difference subtraction. The specific surface area and pore size of biochar
were analyzed using an automatic specific surface and porosity analyzer by measuring
the adsorption/desorption isotherm of N2 at 77 K. Zeta (ζ) potential measurements were
carried out using a NanoBrook Omni instrument (Bruker, Billerica, MA, USA). The surface
of the sample was analyzed using the Brunauer–Emmett–Teller (BET) method with N2 gas
adsorption at 77.3 K, utilizing the high-speed surface analyzer ASAP 2460 (Micromerit-
ics, Mack Instruments Ltd., Norcross, GA, USA). X-ray diffraction (XRD) patterns were
acquired using an X-ray diffractometer (Empyrean, PANalytical, Almelo, The Netherlands)
at a scanning range of 2θ from 10◦ to 80◦, and a scanning rate of 10◦/min. These measure-
ments were performed to analyze the crystal structure of the biochar. X-ray photoelectron
spectroscopy (XPS) using the K-Alpha instrument (Thermo Scientific, Waltham, MA, USA)
was employed to analyze the surface chemical composition of the modified biochar as well
as the chemical status of iron. The obtained data were analyzed and processed using Advan-
tage 5.5 software. The morphology was observed by transmission electron microscopy (JEM
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2100, JEOL, Tokyo, Japan) at various magnifications with an accelerating voltage of 5.0 kV.
The obtained images were then used to determine the formation of Fe3O4 nanoparticles on
the modified biochar by Digital Micrograph software(Digital Micrograph 2021).

2.4. Immobilization of Strain JH1 to Biochar

Strain JH1 was cultured in LB medium and incubated on a shaking table for 24 h at
30 ◦C and 150 rpm. The bacteria were centrifuged at 5000 r/min, cleaned with PBS, col-
lected, and suspended again to achieve the logarithmic growth phase (1.2 × 109 CFU/mL).
The biochar and cell suspension of strain JH1 were mixed at a ratio of 5:100 (w/v) and
shaken on a shaking table for 24 h at 30 ◦C and 150 rpm to make the bacteria adsorb and
adhere on the biochar, and then centrifuged at 1000 rpm for 10 min. The supernatant was
filtered and dried at 30 ◦C. These four biochar-immobilized bacteria were named JY3, JY5,
JY7, and JFe-Y7.

2.5. Determination of the Microbial Biomass

The amount of immobilized strain JH1 on the biochar was expressed by measuring
biological phosphorus content [21]. Biochar (0.5 g) attached to microorganisms was used to
extract phospholipids from cell membranes in a separation funnel containing a mixture
of chloroform, ethanol, and water with a volume ratio of 1:2:0.8. The extraction time was
2–24 h. Then, by adding more chloroform and water, the mixture was partitioned into
a chloroform phase containing lipids and a methanol–water phase, resulting in a final
ratio of chloroform–methanol–water of 1:1:0.9. After standing for an additional 12 h, the
lipid-containing chloroform was divided into 50 mL colorimetric tubes, and the chloroform
was evaporated in 70 ◦C water baths. Ammonium molybdate spectrophotometry (TU-1901,
Beijing General Instrument Co., Ltd., Beijing, China) was used to determine the content of
biological phosphorus. The final result was expressed as nmol P/g biochar.

2.6. Biosorption and Reusability Studies: Batch Experiments

The biosorption experiments were conducted in 100 mL Erlenmeyer flasks, where 0.2 g
of either biochars or biochar-immobilized cells were added to 20 mL of phenol solutions.
Additionally, 5 mL of cell suspension (1.2× 109 CFU/mL, Dilution plate counting was used
to obtain) was incorporated as the background. The mixture was incubated on a shaking
table with a constant agitation rate of 150 rpm at 30 ◦C for 24 h, unless otherwise stated.
The impact of several factors, such as initial phenol concentration, pH, and temperature, on
the degradation of phenol by immobilized cells was investigated. Briefly, the experimental
conditions were as follows: initial phenol concentrations of 300, 400, 500, and 600 mg/L;
incubation temperatures of 25, 30, 35, and 40 ◦C; and initial pH levels of 5.0, 6.0, 7.0, 8.0,
and 9.0. Samples were periodically collected and filtered using a 0.22 µm organic filter
membrane (PES) for subsequent analysis of residual phenol concentration.

Biochar-immobilized cells were repeatedly used in phenol degradation for 8 cycles to
test their reusability. In brief, 0.5 g of biochar-immobilized cells were incubated in 20 mL
MSM medium containing 300 mg/L phenol at pH 7.0 on a shaking table at 150 rpm at
30 ◦C in 100 mL Erlenmeyer flasks. Samples were collected periodically through a 0.22 µm
organic filter membrane for residual phenol concentration analysis. The first cycle ended
when phenol reached 99% in solution within 0 to 4 days. The Erlenmeyer flask was allowed
to stand for 1–2 min to precipitate the biochar, after which the supernatant was withdrawn
with a syringe. Then, sterilized distilled water and phenol were added to adjust the phenol
concentration in the solution to 300 mg/L again. Then, the second cycle was started, and the
experimental operation was the same as the first cycle, repeated for eight cycles. The eight
cycles were named 1C, 2C, 3C, 4C, 5C, 6C, 7C, and 8C. In particular, during the experiment
at 8 ◦C, samples were taken every 2 h to determine the concentration of phenol in the
solution, and the sampling was stopped when the phenol concentration of all solutions
dropped to 0. At the same time, different cycles were selected for scanning electron
microscope (SEM) imaging and to determine the biomass of biochar-immobilized cells.
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2.7. Effect of Biochar Water-Extractable Organic Carbon on Strain JH1

To study whether the water-extractable organic carbon (WEOC) of biochar affects the
degradation of bacteria, the WEOC of biochar was investigated according to the study of
Graber [22]. Biochar was added to the MSM medium at a ratio of 0.1% (w/v), and then
the medium was oscillated at 150 rpm at 30 ◦C for 24 h. The biochar was then removed
with a 0.22 µm organic filter membrane to obtain a filtrate containing biochar WEOC and
MSM medium. A 6 × 107 CFU/mL cell suspension was added to 50 mL of the above
filtrate containing 300 mg/L phenol, and MSM medium without cells was used for the
control experiment. All media were incubated in the dark for 24 h at 30 ◦C, 150 rpm, pH 7
on a shaking table. Samples were collected periodically through a 0.22 µm organic filter
membrane for residual phenol concentration analysis. Meanwhile, after 24 h of degradation,
the enzyme activities of bacteria in the solution were determined. Catechol 2,3-dioxygenase
and catechol 1,2-dioxygenase activities were determined by measuring the production of
either 2-hydroxymuconic semialdehyde at 375 nm or muconic acid at 260 nm [23] using a
UV–VIS spectrophotometer (TU-1901, PERSEE, China).

2.8. Fourier Transform Infrared Spectroscopy (FTIR) Analysis

Fourier transform infrared spectroscopy (FTIR, Nicolet is 50, Thermo Scientific, Waltham,
MA, USA) was used to detect whether extracellular polymeric substances (EPS) were
generated during the interaction between bacteria and biochar. Alternatively, it can be
used to determine the group types of biochar before and after the adsorption of phenol to
measure the mechanism of biochar adsorption of phenol. All FTIR spectra were collected
within the wavenumber range of 400~4000 cm−1. Each spectrum was obtained by averaging
32 scans, and the spectral resolution was set at 4 cm−1. The spectra were displayed in terms
of absorbance.

2.9. Scanning Electron Microscopy (SEM) Analysis

The morphology of biochar-immobilized bacteria was observed by scanning electron
microscopy (Merlin, Zeiss, Jena, Germany). The biochar-immobilized bacteria were fixed
in 2.5% (w/v) glutaraldehyde phosphate buffer at 4 ◦C for 12 h, and then the residual glu-
taraldehyde was washed twice with PBS. Then, the dehydrated samples were dehydrated
with a multiconcentration gradient (30%, 50%, 70%, 90%, and 100%) of ethanol and incu-
bated for 10~15 min at each stage. The dehydrated samples were freeze-dried in a vacuum.
The distribution was observed by a scanning electron microscope after spraying gold.

2.10. Analytical Methods of Phenol

The concentration of phenol was determined using the 4-AAP spectrophotometric
method with a UV–VIS spectrophotometer (TU-1901, PERSEE, China) at 510 nm [24].
Samples were centrifuged at 6000 rpm for 10 min, and the supernatant was collected
to analyze the phenol concentration. Biochar-containing samples were filtered through
a 0.22 µm organic filter membrane, and the filtrate was collected to analyze the phenol
concentration. Microsoft Excel 2019 and Origin 2017 were used for data processing and
charting, respectively. pH was measured using a pH meter (ST300, OHAUS, USA).

3. Results and Discussion
3.1. Characterization of Biochar and the Modified Biochar

Table 1 shows the yield, elemental composition, and elemental content ratio of the An-
drographis paniculata medicinal residue biochar prepared at different pyrolysis temperatures.
The biochar yield of the medicinal residue decreases with increasing charring temperature,
mainly because during the pyrolysis process, the biomass decomposes rapidly into volatiles
and biochar [12], resulting in the content of volatiles decreasing, while after the charring
temperature is >700 ◦C, the content of volatiles remains approximately the same, while
the biochar yield also remains the same [25,26]. The order of strength for stability (O/C)
was Fe-Y7 > Y3 > Y7 > Y5, for aromaticity (H/C) was Y7 > Fe-Y7 > Y5 > Y3, and for
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polarity ((O + N)/C) was Fe-Y7 > Y3 > Y7 > Y5. The aromaticity of Andrographis paniculata
medicinal residue biochar decreased with increasing pyrolysis temperature. After biochar
modification, Fe-Y7 had stronger stability and polarity, but the aromaticity decreased,
which indicated that the decrease in polar functional groups on the surface led to a decrease
in polarity.

Table 1. Chemical composition and pore structure of biochar samples.

Samples Yield (%)
Elemental Composition (%) Atomic Ratio

C H O N S O/C H/C (O + N)/C

Y3 44 59.44 5.19 32.70 2.54 0.13 0.550 0.087 0.593
Y5 29.3 67.47 3.08 27.49 1.79 0.18 0.407 0.046 0.434
Y7 25.1 67.51 1.71 29.18 1.43 0.17 0.432 0.025 0.453

Fe-Y7 — 61.2 1.70 35.51 1.34 0.26 0.580 0.028 0.602

Analysis of the data presented in Table 2 reveals a clear trend: as the pyrolysis tem-
perature of the Andrographis paniculata medicinal residue biochar increased, both the
specific surface area and pore capacity exhibited a notable increase. Additionally, it was
observed that the average pore size decreased as the pyrolysis temperature increased. The
average pore sizes of Y3 and Y5 ranged from 2 to 50 nm, indicating that their pore sizes
were mainly mesopores, while the average pore size of Y7 was close to that of micropores,
which was 2.0441 nm. The results indicated that as the pyrolysis temperature increased, the
biochar formed more micropores, which effectively increased the specific surface area and
contact with contaminants, as well as providing more attachment and proliferation sites for
immobilized bacteria [25]. Fe-Y7 has a larger specific surface area and higher pore capacity
than Y7, suggesting that the loading of Fe3O4 nanoparticles on the biochar surface increases
the contact area with contaminants, resulting in an increase in the overall specific surface
area. It also resulted in a larger average pore size and the formation of more mesopores
and macropores [27]. The relatively high specific surface area values for Y7 and Fe-Y7,
compared to Y3 and Y5, illustrate the effect of temperature on carbonization. In general,
the increase in specific surface area values at high-pyrolysis temperatures is mainly due to
the removal of volatiles. During pyrolysis, the rapid release of volatiles opens and connects
blind and closed pores, as well as forms new cracks, micropores, and mesopores, leading
to a significant increase in specific surface area [28].

Table 2. The pore structure parameters of biochars.

Samples Specific Surface Area
(m2/g)

Pore Capacity
(cm3/g)

Average Aperture
(nm)

Y3 1.8796 0.003046 6.4819
Y5 3.2917 0.005034 6.1169
Y7 138.8126 0.070936 2.0441

Fe-Y7 164.0975 0.097943 2.3874

Figure 1 shows the N2 adsorption–desorption isotherm curves of the four biochars. The
N2 adsorption–desorption isotherms of the four biochars are all type IV, and the adsorption
hysteresis loop appears in the middle section. According to the IUPAC classification, the
hysteresis loops of Y7 and Fe-Y7 are of type H4. The hysteresis loops of type H4 have
no obvious saturation adsorption plateau, and the N2 adsorption rises rapidly in the low-
pressure region (relative pressure P/P0 < 0.1), which is caused by the filling adsorption
of micropores, indicating that the biochar contains abundant micropores, narrow fissure
pores or laminar structure, and this type of hysteresis loop indicates that the pore structure
of biochar is very irregular, mainly consisting of mesopores and macropores.
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Figure 1. N2 adsorption−desorption isotherms of biochars.

The zeta potential of the four biochars was measured under different pH condi-
tions, and the pH value corresponding to a zeta potential of 0 was the zero point charge
(pHPZC) of the biochar. Figure 2a shows that the isoelectric point of the biochar is lower
(pHPZC < 4) [29]. The pHPZC of all four biochars is less than 7.0 and negatively charged,
so the surfaces of both phenol and biochar are negatively charged, and electrostatic repul-
sion is easily generated between them, resulting in biochar maintaining a low adsorption
capacity for phenol. However, the good adsorption of phenol by biochar prepared under
high-temperature conditions implies that electrostatic adsorption does not play a major
role in phenol adsorption by biochar and may also be influenced by strong hydrogen bonds
and π–π interactions [30]. For the modified biochar, the pHPZC of Fe-Y7 was higher than
that of Y7 by 2.53 and 2.19, respectively.

The crystalline minerals of biochar are mainly SiO2 and CaCO3 at different pyroly-
sis temperatures Figure 2b. Biochar prepared under low-temperature pyrolysis (Y3) has
no obvious crystalline peaks and shows only a small amount of SiO2 crystalline miner-
als, among which Y3 shows several significant peaks at 2θ values of 15◦~25◦, which are
mainly amorphous C peaks related to the change in crystalline structure of cellulose in
biomass [25]. As the pyrolysis temperature increased, the crystalline structure of the drug
residue biochar improved, and the content of crystalline minerals increased. The most
abundant crystalline mineral in the residue biochar is CaCO3, and there is a most obvious
CaCO3 signal peak at a 2θ value of 29.4◦ (d = 3.03 Å), and the signal peak becomes increas-
ingly intense with increasing temperature. The diffraction peak of SiO2 was enhanced and
then weakened with increasing temperature. Compared with the unmodified biochar, the
basic crystal structure of the modified biochar is the same, except that the diffraction peaks
of Fe3O4 with different crystallographic planes appear, and the 2θ values of Fe-Y7 are 35.5◦

(d = 2.52 Å) and 47.3◦ (d = 1.92 Å), which indicates that the biochar is successfully loaded
with Fe3O4 nanomaterials.

To further verify the successful loading of Fe3O4 nanomaterials, TEM and XPS analyses
were performed. The XPS spectrum of Fe-Y7 is shown in Figure 2c, which shows the
presence of Fe 2p (711.74 eV), O 1s (532.88 eV), C ls (285.27 eV) and Si (102.71 eV) on the
surface of Fe-Y7. The peaks at 711.06 and 720.95 eV belong to Fe 2p3/2 and Fe 2p1/2,
respectively, and are decomposed into four peaks at 711.1, 714.1, 723.7 and 725.3 eV [31],
where 714.1 and 723.7 eV are associated with Fe(II) of Fe3O4 and 711.1 and 725.3 eV are
associated with Fe(III). It was demonstrated that Fe3O4 nanoparticles containing both Fe(II)
and Fe(III) were successfully loaded on the modified biochar surface. TEM (Figure 2d–f)
revealed (110) lattice planes of SiO2 with a characteristic spacing of 0.2465 nm, (012) and
(104) lattice planes of CaCO3 with a characteristic spacing of 0.39 and 0.30 nm, and (311)
and (222) lattice planes of Fe3O4 with characteristic spacings of 0.25 and 0.24 nm. These
data correspond to the diffraction peaks of SiO2, CaCO3, and Fe3O4 in the XRD spectra,
which also confirm the formation of Fe3O4.
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Figure 2. (a) Zeta potential of different biochars, (b) XRD patterns of biochars, (c) XPS spectrum of
Fe-Y7 of full scan and Fe 2p, and (d–f) TEM and HR-TEM images.

3.2. Fourier Infrared Spectroscopy (FTIR) Analysis of Biochar Adsorption Strain JH1

Once attached to the carrier, bacteria begin to secrete a surrounding matrix called
the extracellular polymer (EPS), which is a protective matrix of some polymers, such as
polysaccharides, proteins, and nucleic acids, among other polymers. By the FTIR technique,
it is possible to detect whether bacteria adhere to the surface of biochar through EPS sub-
stances [32]. Cells composed of a large number of proteins contribute to hydrophobicity,
while polysaccharides on the cell surface confer hydrophilicity [33]. Figure 3 shows the
FTIR plots of biochar before and after the adsorption of A. faecalis JH1. For the mixed
region of proteins and fatty acids from 1500~1200 cm−1, there is a significant difference
between the residue biochar before and after the adsorption of A. faecalis JH1. The region
1200~900 cm−1 belong to the polysaccharides within the cell wall, and there are significant
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stretching vibrations of both the residue biochar and the modified Fe-Y7. Thus, FTIR analy-
sis showed that A. faecalis JH1 could adhere to the surface of biochar through substances
such as secreted polysaccharides or proteins. Proteins and polysaccharides in EPS play a
key role in promoting initial adhesion and biofilm development [34].
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Figure 3. FTIR spectra of biochars before and after adsorption of A. faecalis JH1.

The degree of hydrophobicity acquired by bacteria on the substrate affects the number
of cells attached to the biochar, while the hydrophilicity/hydrophobicity of the biochar
surface also affects the ability of bacteria to adhere; for example, the presence of -CH2 fatty
acids on the bacterial surface causes bacteria to selectively adhere to the more hydrophobic
biochar [32]. From the (O + N)/C in Table 1, it is clear that Fe-Y7 is more hydrophilic
than Y7, which also corresponds to the functional groups on FTIR. Thus, the surface of
the pharmaceutical residue biochar has many hydrophobic and hydrophilic groups, and
their adsorption of bacteria is a common effect of bacterial extracellular proteins and
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polysaccharides, such as C-O, -COO-, =C = O, and aromatic Ar-H functional groups [34].
Moreover, Fe-Y7 has a higher adsorption capacity for bacteria than Y7.

3.3. Biomass Fixed by the Adsorption of Biochar

Figure 4 shows the biomass of different biochar adsorption immobilized A. faecalis
JH1. From the data in the figure, it can be seen that the amount of bacteria immobilized
by Fe-Y7 is the highest with 372.45 nmol P/g biochar, which confirms what was found
by FTIR. The number of bacteria immobilized by adsorption was higher for Y5 than for
Y3 and Y7 because Y3 and Y7 have more and stronger absorption peaks in the region of
1500–1200 cm−1 in FTIR, with abundant hydrophobic functional groups and therefore
strong hydrophobicity, which is not favorable for their adsorption and immobilization of
bacteria in the aqueous environment. Therefore, the hydrophilicity and hydrophobicity of
biochar affect the amount of fixed biomass.
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3.4. Effect of Water-Soluble Organic Carbon from Biochar

To better illustrate the process of phenol removal by biochar-immobilized bacteria, the
effect of the water-soluble organic carbon (WEOC) of biochar on the bacterial degradation
of phenol was investigated. Figure 5 shows the appearance of water-soluble organic carbon
solutions of different biochars, which are colorless and transparent except for Y3, which is
light yellow, with a darker color implying more dissolved organic carbon [35]. Generally,
the absorbance values of biochar WEOC decreased significantly with increasing biochar
pyrolysis temperature [36]. Figure 6a shows the effect of the WEOC of biochar on the
bacterial degradation of phenol. As shown by the data at 12 h in the figure, the WEOC of
biochar at different temperatures has different effects on the removal of phenol. Compared
with the control experiment, WEOC in Y3 and Y7 had a facilitative effect on phenol
removal. The water-soluble organic carbon of low-temperature biochar has greater DOC
and abundant low molecular weight molecules [37], and these stimulate microbial activity
and increase microbial abundance [36], thereby accelerating the degradation of phenol.
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Figure 5. Appearance of biochars’ WEOC.
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Figure 6. (a) Effect of biochars’ WEOC on the degradation of phenol by A. faecalis JH1; (b) enzyme activity.

After the phenol in solution was degraded within 24 h, the enzymatic activity of the
bacteria in solution was measured, as shown in Figure 6b. The results indicate that the pathway
of phenol degradation by A. faecalis JH1 relies mainly on catechol 1,2-dioxygenase (C12O)
for the production of cis–cis-mucofuranic acid after the ring-opening of catechol [38], and
only a small amount of phenol is assimilated by catechol 2,3-dioxygenase (C23O) for the
production of 2-hydroxymucofuranic acid semialdehyde. In addition, a comparison with
the control bacterial solution revealed that the water-soluble organic carbon of all four
biochars promoted the enzymatic activity of the bacteria. The results of Y3 and Y7 were
consistent with the data at 12 h in Figure 6a. In contrast, Y5, which had an inhibitory effect
on phenol degradation at 12 h in Figure 6b, had stronger enzyme activity measured after
24 h than that of the bacterial solution. This indicates that Y5 is susceptible to the effects of
PAHs on water-soluble organic carbon in the short term. However, for Y5 and Fe-Y7, the
water-soluble organic carbon under long-term use had a beneficial effect on the enzymatic
activity of the bacteria.

3.5. Adsorption and Degradation Kinetics of Phenol

Figure 7 shows the adsorption degradation kinetic curves of different biochar-immobilized
A. faecalis JH1. Comparing with the control biochar and bacterial suspension, the biochar-
immobilized bacteria showed higher removal of phenol from the solution in different time
periods, and even around 96 h, all biochar-immobilized bacterial strains JH1 were able
to achieve around 99% degradation of phenol from the solution. However, the control
biochar basically reached adsorption saturation at around 48 h, and only a small amount
of phenol adsorption would be added with the extension of time, whereas the suspension
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maintained a low phenol degradation rate all the time, with only 23.4% phenol degradation
at 96 h. The control biochar was also found to be a good choice for the adsorption of
phenol in the suspension. Therefore, these results suggest that the removal of phenol
by biochar-immobilized A. faecalis JH1 is a synergistic effect of adsorption and bacterial
degradation, and that biochar itself can adsorb a large amount of phenol, and therefore
increase the chance of bacterial contact with phenol and promote bacterial degradation
of phenol. In addition, the large number of pores in the biochar provides an important
habitat for microorganisms [26] and provides them with shelter, which reduces the toxicity
of phenol to microorganisms, and at the same time, the biochar can stimulate the growth
and activity of microorganisms, and microorganisms can utilize the ash of the biochar to
provide mineral nutrients [28].
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3.6. Effect of Temperature, pH, Initial Phenol Concentration, and the Salinity

Figure 8a–d show the effects of temperature, pH, initial concentration, and salinity
of phenol on phenol removal by biochar-immobilized strain JH1 for 48 h, respectively. It
can be seen from Figure 8 that JY3 shows an extremely high advantage in the removal of
phenol, but the high temperature and salinity affect its removal rate of phenol. This result
can indicate that the degradation of phenol by JY3 relies mainly on the degradation of
suspended bacteria in solution, which is consistent with the results in WEOC. JY5 showed
better phenol removal than Y5 at low temperatures, alkalinity, low phenol concentration,
and low salinity, suggesting that the removal of phenol by JY5 is susceptible to environ-
mental influences. The lower removal of phenol by JY5 under alkaline conditions may be
due to the higher alkalinity of the biochar as the temperature increases [39]. Unlike JY5,
JY7 and JFe-Y7 were not greatly affected by the environment, and both showed very high
phenol removal rates in different environments, with bacteria still growing and remaining
active in the porous structure [40]. Therefore, compared with suspended bacteria, biochar-
immobilized bacteria can improve their tolerance in different environments, and they can
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still grow and maintain strong activity within 48 h at temperatures of 25 ◦C to 40 ◦C, pH
5~9, initial phenol concentrations of 300–500 mg/L and salinity of 3%.
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3.7. Effect of Recycling Biochar-Fixed Bacteria on Phenol Adsorption

To investigate the reusability of the biochar-immobilized A. faecalis JH1 to confirm
its potential for practical applications, the biochar-immobilized bacteria were subjected
to recycling experiments. The eight cycles were 96, 60, 48, 48, 36, 48, 24, and 12 h. Seven
of these cycles are shown in Figure 8. In the first cycle (1C), the removal of phenol relied
mainly on the adsorption of biochar and the bacteria in the solution. As the number of
cycles increases, the bacteria use the phenol adsorbed on the biochar as well as nutrients
from the biochar itself (e.g., water-soluble organic carbon) to multiply and grow rapidly
and adhere to the biochar, and more and more bacteria are adsorbed on the biochar, so that
the time spent for the removal of phenol from solution by biochar immobilized bacteria
will become shorter and shorter, and thus the long-term phenol removal effect depends
more on the biodegradation on the biochar. After the sixth cycle, all biochar-immobilized
bacteria could remove 300 mg/L phenol solution within 12 h (Figure 9).

Fe-Y7 showed the most stable removal of phenol and the fastest removal rate (Figure 10).
In different cycles, JY3 and JY5 removed phenol from the solution at longer and shorter
times, and the removal ability was unstable. In these seven cycles, all biochar-immobilized
bacteria could remove phenol from the solution, which may be because biochar as a porous
carrier provided enough space for bacterial growth and promoted the growth and activity
of bacteria. These results suggest that biochar carrier-immobilized JH1 has great potential
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for phenol removal, is reusable, and exhibits good stability and durability, in agreement
with the results of most recycling studies [18,40].
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Figure 9. Biochar-immobilized bacteria for recycling.
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Figure 10. Time spent in each cycle to completely remove phenol from the solution.

In contrast, in the 8C cycle (Figure 11), phenol removal by JFe-Y7 was relatively rapid.
The dioxygenase of A. faecalis JH1 for phenol degradation uses oxygen as an oxidant to
bind two oxygen atoms to the product, while most dioxygenases require a metal cofactor,
most commonly Fe(II) or Fe(III) [41]. The addition of appropriate Fe3O4 nanoparticles
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improves their enzymatic activity [42], small amounts of Fe ions are gradually released
to the environment through Fe3O4 nanoparticles, and Fe2+/Fe3+ in solution couples with
bacterial oxidation/reduction reactions to accelerate the electron transfer rate [43,44]. Thus,
the results demonstrate that Fe3O4 nanoparticle modification accelerates phenol removal
as a result of improving the adsorption capacity of phenol or promoting bacterial growth,
metabolism, and enzymatic activity.
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Figure 11. Phenol removal kinetics curve at 8C.

By performing further SEM analysis, Figure 12a–h shows the 2 k× and 20 k×multiples
of 0C, 1C, 4C, and 8C in the cycle, respectively, and the main distribution area of A. faecalis
JH1 is on the surface of the biochar and in the internal channels of the pores. At 0C, A.
faecalis JH1 adhered to the biochar in relatively scattered and small numbers (Figure 12a,b).
However, after one cycle, the bacteria adhering to the biochar surface started to grow
slowly using the phenol adsorbed by the biochar and the water-soluble organic carbon
of the biochar, splitting and multiplying around it as a single bacterium to become a
multicolony, at which time there was no large number of bacteria present on the biochar
surface (Figure 12c,d). However, after four cycles, a large number of bacteria were evident
on the surface and in the pores of the biochar, and the bacteria multiplied and adhered
to the biochar rapidly (Figure 12e,f). With repeated phenol replacement and bacterial
growth, a thick and sticky biofilm was established on the biochar surface in the eighth cycle
(Figure 12g,h), [42]. The biofilm thickness was in the range of 10~20 µm, and both phenol
and oxygen could diffuse into the bacteria for metabolic activities [45]. The SEM images of
these four biochar-immobilized A. faecalis JH1 were generally consistent, and the growth
and adhesion of bacteria on biochar showed a similar variation pattern. Thus, biochar
is an ideal carrier with a large specific surface area for bacterial adhesion and growth,
is nontoxic and cost-effective, and additionally facilitates oxygen and substrate delivery
through immobilized cells and enhances the activity of immobilized bacteria.
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Figure 12. SEM images of different cycles. (a,b) 0C; (c,d) 1C; (e,f) 4C; (g,h) 8C.

4. Conclusions

The microstructure of Andrographis paniculata medicinal residue is a honeycomb with
a porous structure and a large surface area. Modification by Fe3O4 nanoparticles increases
the specific surface area during pyrolysis, and the data demonstrate the successful loading
of Fe3O4 nanoparticles onto the surface of Fe-Y7. The adsorption of all four biochars on
E. Alcaligenes faecalis strain JH1 relies on the combined action of bacterial extracellular
proteins and polysaccharides, and Fe-Y has a higher adsorption capacity for bacteria.
The biochar-immobilized bacteria were more tolerant than the suspended bacteria in
different environments. During the recycling process, with the increase in the number of
cycles, the bacteria will form biofilms on the biochar, and the formed biofilms make the
biochar-immobilized bacteria still have a certain removal effect on phenol after several
cycles, among which the removal effect of Jeffe-Y7 is relatively better. The results showed
that Fe3O4 nanoparticle-modified biochar-immobilized microorganisms could promote
the degradation of phenol with good reproducibility, and therefore, this technology has
potential application in the treatment of phenol-containing wastewater. It can be used in
industry to recycle phenol wastewater, which is less expensive, saves treatment costs and
does not produce other environmental pollution. The removal of phenol by the biochar-
immobilized A. faecalis JH1 was a dual action of adsorption-degradation. The biochar
mainly relied on π–π interactions and hydrogen bonding to adsorb phenol, which was first
adsorbed by the biochar before being metabolically degraded by the bacteria on the biochar.
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5. Kujawski, W.; Warszawski, A.; Ratajczak, W.; Porębski, T.; Capała, W.; Ostrowska, I. Removal of phenol from wastewater by

different separation techniques. Desalination 2004, 163, 287–296. [CrossRef]
6. Wu, J.; Yu, H.Q. Biosorption of 2,4-dichlorophenol from aqueous solution by phanerochaete chrysosporium biomass: Isotherms,

kinetics and thermodynamics. J. Hazard. Mater. 2006, 137, 498–508. [CrossRef]
7. Biswas, B.; Sarkar, B.; Rusmin, R.; Naidu, R. Bioremediation of pahs and vocs: Advances in clay mineral–microbial interaction.

Environ. Int. 2015, 85, 168–181. [CrossRef]
8. Karel, S.F.; Libicki, S.B.; Robertson, C.R. The immobilization of whole cells: Engineering principles. Chem. Eng. Sci. 1985, 40,

1321–1354. [CrossRef]
9. Kim, P.; Johnson, A.M.; Essington, M.E.; Radosevich, M.; Kwon, W.-T.; Lee, S.-H.; Rials, T.G.; Labbé, N. Effect of pH on surface

characteristics of switchgrass-derived biochars produced by fast pyrolysis. Chemosphere 2013, 90, 2623–2630. [CrossRef]
10. Jin, Z.; Xiao, S.; Dong, H.; Xiao, J.; Tian, R.; Chen, J.; Li, Y.; Li, L. Adsorption and catalytic degradation of organic contaminants by

biochar: Overlooked role of biochar’s particle size. J. Hazard. Mater. 2022, 422, 126928. [CrossRef] [PubMed]
11. Beesley, L.; Moreno-Jimenez, E.; Gomez-Eyles, J.L.; Harris, E.; Robinson, B.; Sizmur, T. A review of biochars’ potential role in the

remediation, revegetation and restoration of contaminated soils. Environ. Pollut. 2011, 159, 3269–3282. [CrossRef]
12. Liu, W.J.; Jiang, H.; Yu, H.Q. Development of biochar-based functional materials: Toward a sustainable platform carbon material.

Chem. Rev. 2015, 115, 12251. [CrossRef]
13. Xiao, X.; Chen, B.; Chen, Z.; Zhu, L.; Schnoor, J.L. Insight into multiple and multilevel structures of biochars and their potential

environmental applications: A critical review. Environ. Sci. Technol. 2018, 52, 5027–5047. [CrossRef] [PubMed]
14. Girijan, S.; Kumar, M. Immobilized biomass systems: An approach for trace organics removal from wastewater and environmental

remediation—sciencedirect. Curr Opin Environ Sci Health 2019, 12, 18–29. [CrossRef]
15. Banerjee, A.; Ghoshal, A.K. Biodegradation of real petroleum wastewater by immobilized hyper phenol-tolerant strains of Bacillus

cereus in a fluidized bed bioreactor. 3 Biotech 2016, 6, 137. [CrossRef]
16. Manya, J.J. Pyrolysis for biochar purposes: A review to establish current knowledge gaps and research needs. Environ. Sci.

Technol. 2012, 46, 7939. [CrossRef]
17. Wu, C.; Zhi, D.; Yao, B.; Zhou, Y.; Yang, Y.; Zhou, Y. Immobilization of microbes on biochar for water and soil remediation: A

review. Environ. Res. 2022, 212, 113226. [CrossRef] [PubMed]
18. Zhuang, H.; Han, H.; Xu, P.; Hou, B.; Jia, S.; Wang, D.; Li, K. Biodegradation of quinoline by streptomyces sp N01 immobilized on

bamboo carbon supported Fe3O4 nanoparticles. Biochem. Eng. J. 2015, 99, 44–47. [CrossRef]
19. Singh, N.; Balomajumder, C. Equilibrium isotherm and kinetic studies for the simultaneous removal of phenol and cyanide by

use of S. Odorifera (Mtcc 5700) immobilized on coconut shell activated carbon. Appl. Water Sci. 2017, 7, 3241–3255. [CrossRef]
20. Wu, Z.; Shen, J.; Li, W.; Li, J.; Xia, D.; Xu, D.; Zhang, S.; Zhu, Y. Electron self-sufficient core-shell biocl@fe-biocl nanosheets

boosting Fe(III)/Fe(II) recycling and synergetic photocatalysis-fenton for enhanced degradation of phenol. Appl. Catal. B Environ.
2023, 330, 122642. [CrossRef]

21. Yang, H.J.; Yang, Z.M.; Xu, X.H.; Guo, R.B. Increasing the methane production rate of hydrogenotrophic methanogens using
biochar as a biocarrier. Bioresour. Technol. 2020, 302, 122829. [CrossRef]

22. Graber, E.R.; Tsechansky, L.; Lew, B.; Cohen, E. Reducing capacity of water extracts of biochars and their solubilization of soil Mn
and Fe. Eur. J. Soil Sci. 2014, 65, 162–172. [CrossRef]

23. Liu, Z.; Yang, H.; Huang, Z.; Zhou, P.; Liu, S.-J. Degradation of aniline by newly isolated, extremely aniline-tolerant Delftia sp.
AN3. Appl. Microbiol. Biotechnol. 2002, 58, 679–682. [CrossRef]

24. Yu, J.; Tao, D.; Yu, S.; Kai, Y.; Wang, H. Biodegradation of phenol by entrapped cell of debaryomyces sp. With nano-Fe3O4 under
hypersaline conditions. Int. Biodeterior. Biodegrad. 2017, 123, 37–45.

25. Keiluweit, M.; Nico, P.S.; Johnson, M.G.; Kleber, M. Dynamic molecular structure of plant biomass-derived black carbon (biochar).
Environ. Sci. Technol. 2010, 44, 1247–1253. [CrossRef]

26. Ahmad, M.; Ok, Y.S.; Rajapaksha, A.U.; Lim, J.E.; Kim, B.Y.; Ahn, J.H.; Lee, Y.H.; Al-Wabel, M.I.; Lee, S.-E.; Lee, S.S. Lead and
copper immobilization in shooting range soil using soybean stover-and pine needle-derived biochars: Chemical, microbial and
spectroscopic assessments. J. Hazard. Mater. 2016, 301, 179–186. [CrossRef]

27. Jin, X.; Liu, R.; Wang, H.; Han, L.; Qiu, M.; Hu, B. Functionalized porous nanoscale Fe3O4 particles supported biochar from
peanut shell for pb(ii) ions removal from landscape wastewater. Environ. Sci. Pollut. Res. 2022, 29, 37159–37169. [CrossRef]
[PubMed]

28. Liu, L.; He, N.; Borham, A.; Zhang, S.; Xie, R.; Zhao, C.; Hu, J.; Wang, J. The effect of iron-modified biochar on phosphorus adsorption
and the prospect of synergistic adsorption between biochar and iron-oxidizing bacteria: A review. Water 2023, 15, 3315. [CrossRef]

29. Cheng, C.; Lehmann, J.; Engelhard, M.H. Natural oxidation of black carbon in soils: Changes in molecular form and surface
charge along a climosequence. Geochim. Cosmochim. Acta 2008, 72, 1598–1610. [CrossRef]

30. Du, J.; Sun, P.; Feng, Z.; Zhang, X.; Zhao, Y. The biosorption capacity of biochar for 4-bromodiphengl ether: Study of its kinetics,
mechanism, and use as a carrier for immobilized bacteria. Environ. Sci. Pollut. Res. 2016, 23, 3770–3780. [CrossRef]

155



Water 2023, 15, 4084

31. Liu, G.; Feng, K.; Cui, H.; Li, J.; Wang, M. Mof derived in-situ carbon- encapsulated fe3o4@c to mediate polysulfides redox for
ultrastable lithium-sulfur batteries. Chem. Eng. J. 2019, 381, 122652. [CrossRef]

32. Ramos-Escobedo, G.; Pecina-Treviño, E.; Tokunaga, A.B.; Concha-Guerrero, S.; Ramos-Lico, D.; Guerra-Balderrama, R.; Orrantia-
Borunda, E. Bio-collector alternative for the recovery of organic matter in flotation processes. Fuel 2016, 176, 165–172. [CrossRef]

33. Zhou, Y.; Petrova, S.P.; Edgar, K.J. Chemical synthesis of polysaccharide–protein and polysaccharide–peptide conjugates: A
review. Carbohydr. Polym. 2021, 274, 118662. [CrossRef] [PubMed]

34. Yu, Y.; An, Q.; Zhou, Y.; Deng, S.; Miao, Y.; Zhao, B.; Yang, L. Highly synergistic effects on ammonium removal by the co-system
of pseudomonas stutzeri xl-2 and modified walnut shell biochar. Bioresour. Technol. 2019, 280, 239–246. [CrossRef] [PubMed]

35. Xu, J.; Jian, Z.; Wang, Y.; Fang, C.; Hu, Q. Spatial–seasonal characteristics and influencing factors of dissolved organic carbon and
chromophoric dissolved organic matter in poyang lake. Environ. Earth Sci. 2023, 82, 44. [CrossRef]

36. Li, M.; Liu, M.; Joseph, S.; Jiang, C.; Wu, M.; Li, Z. Change in water extractable organic carbon and microbial plfas of biochar
during incubation with an acidic paddy soil. Soil Res. 2015, 53, 763–771. [CrossRef]

37. Bian, R.; Joseph, S.; Shi, W.; Li, L.; Taherymoosavi, S.; Pan, G. Biochar DOM for plant promotion but not residual biochar for metal
immobilization depended on pyrolysis temperature. Sci. Total Environ. 2019, 662, 571–580. [CrossRef]

38. Jiang, Y.; Wen, J.; Bai, J.; Jia, X.; Hu, Z. Biodegradation of phenol at high initial concentration by alcaligenes faecalis. J. Hazard.
Mater. 2007, 147, 672–676. [CrossRef]

39. Fidel, R.B.; Laird, D.A.; Thompson, M.L.; Lawrinenko, M. Characterization and quantification of biochar alkalinity. Chemosphere
2017, 167, 367–373. [CrossRef]

40. Liu, Y.; Gan, L.; Chen, Z.; Megharaj, M.; Naidu, R. Removal of nitrate using paracoccus sp. Yf1 immobilized on bamboo carbon. J.
Hazard. Mater. 2012, 229–230, 419–425. [CrossRef]

41. Bugg, T.D.H. Dioxygenase enzymes: Catalytic mechanisms and chemical models. Tetrahedron 2003, 59, 7075–7101. [CrossRef]
42. Zeng, Q.; Xu, J.; Hou, Y.; Li, H.; Du, C.; Jiang, B.; Shi, S. Effect of Fe3O4 nanoparticles exposure on the treatment efficiency of

phenol wastewater and community shifts in sbr system. J. Hazard. Mater. 2021, 407, 124828. [CrossRef]
43. He, S.; Feng, Y.; Ni, J.; Sun, Y.; Xue, L.; Feng, Y.; Yu, Y.; Lin, X.; Yang, L. Different responses of soil microbial metabolic activity to

silver and iron oxide nanoparticles. Chemosphere 2016, 147, 195–202. [CrossRef] [PubMed]
44. He, S.; Zhong, L.; Duan, J.; Feng, Y.; Yang, B.; Yang, L. Bioremediation of wastewater by iron oxide-biochar nanocomposites

loaded with photosynthetic bacteria. Front. Microbiol. 2017, 8, 823. [CrossRef] [PubMed]
45. Wang, X.; Wang, X.; Liu, M.; Bu, Y.; Zhang, J.; Chen, J.; Zhao, J. Adsorption–synergic biodegradation of diesel oil in synthetic

seawater by acclimated strains immobilized on multifunctional materials. Mar. Pollut. Bull. 2015, 92, 195–200. [CrossRef]

Disclaimer/Publisher’s Note: The statements, opinions and data contained in all publications are solely those of the individual
author(s) and contributor(s) and not of MDPI and/or the editor(s). MDPI and/or the editor(s) disclaim responsibility for any injury to
people or property resulting from any ideas, methods, instructions or products referred to in the content.

156



Citation: Yang, J.; Zhang, Y.; Wang, S.

Over-Produced Extracellular

Polymeric Substances and Activated

Antioxidant Enzymes Attribute to

Resistance of Pb(II) for Algal–Bacterial

Granular Sludge in Municipal

Wastewater Treatment. Water 2023, 15,

3833. https://doi.org/10.3390/

w15213833

Academic Editor: Alejandro

Gonzalez-Martinez

Received: 16 October 2023

Revised: 31 October 2023

Accepted: 1 November 2023

Published: 2 November 2023

Copyright: © 2023 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

water

Article

Over-Produced Extracellular Polymeric Substances and
Activated Antioxidant Enzymes Attribute to Resistance
of Pb(II) for Algal–Bacterial Granular Sludge in Municipal
Wastewater Treatment
Juanru Yang 1, Yu Zhang 1 and Shulian Wang 2,3,4,*

1 School of Civil Engineering, Architecture and Environment, Hubei University of Technology,
Wuhan 430068, China

2 Key Laboratory of Health Intelligent Perception and Ecological Restoration of River and Lake,
Ministry of Education, Hubei University of Technology, Wuhan 430068, China

3 Innovation Demonstration Base of Ecological Environment Geotechnical and Ecological Restoration
of Rivers and Lakes, School of Civil and Environmental Engineering, Hubei University of Technology,
Wuhan 430068, China

4 Hubei Cooperative Innovation Center for Industrial Fermentation, Hubei University of Technology,
Wuhan 430068, China

* Correspondence: wangshulian@hbut.edu.cn

Abstract: Algal–bacterial granular sludge technology is a new type of wastewater treatment and
resource regeneration process, which has received widespread attention due to its excellent nitrogen
and phosphorus removal performance, and energy-saving and emission reduction effects. Although
algal–bacterial granular sludge technology has achieved an ideal nutrient removal ability, some pol-
lutants in wastewater might affect the symbiotic relationship between algae and bacteria. This study
investigated the impact of coexisting Pb(II) on the symbiosis of algal–bacterial granular sludge. It
was found that 2.5–10.0 mg/L of Pb(II) exposure increased the relative abundance of Pro-teobacteria.
In addition, more protein in extracellular polymeric substances (EPS-PN) was secreted at 2.5 mg/L of
Pb(II) exposure while EPS-PN content reduced at a rate of 5.0–10.0 mg/L of Pb(II). Under different
concentrations of Pb(II), the damage degree of algal–bacterial granular sludge was exacerbated,
evidenced by increased malondialdehyde (MDA) content. To cope with these adverse circumstances,
the antioxidant enzyme activity of both super-oxide dismutase (SOD) and peroxidase dismutase
(CAT) was boosted. With the help of these adaptive strategies, the symbiosis of algal–bacterial
granular sludge was stable. Moreover, the performance of algal–bacterial granular sludge in treating
COD, ammonia-N and phosphate-P was kept at above 95%. This study approved that a Pb(II)
concentration less than 10.0 mg/L had little effect on the performance of algal–bacterial granular
sludge in wastewater treatment. It is hoped that this study can provide useful information for an
improved engineering feasibility of algal–bacterial granular sludge process.

Keywords: algal–bacterial granular sludge; divalent lead ion; extracellular polymeric substance;
antioxidant enzyme; resistance

1. Introduction

With the rapid development of industries such as electroplating, mining, fertilizer,
tanning and papermaking, as well as the extensive use of products like batteries and pes-
ticides, the direct and indirect discharge of heavy metal-containing wastewater into the
environment has been increasing [1]. Heavy metals have high toxicity, are resistant to
microbial degradation and can easily accumulate in organisms. They not only disrupt the
ecological environment of water bodies but also pose risks of toxicity and carcinogenicity
to organisms through the food chain [2,3]. Divalent lead (Pb(II)), in particular, has received
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much attention due to its wide application in industries, and its inherent toxicity [4–6].
As one of the nonessential metal elements with biomagnification ability, excess intake
of Pb(II) in the human body damages the central nervous system and causes organ fail-
ures [7]. The concentrations of total lead in polluted water are reported to be in the range of
3–35 mg/L [8], which is significantly higher than the specified threshold of 0.1 mg/L for
municipal wastewater discharge [9] and 0.01 mg/L for drinking water quality [10] in China.

The increased amount of Pb(II) discharged into the water environment has become
a significant threat to the ecological environment. By causing deficiencies or altering the
distribution in biological cells, Pb(II) can disrupt membrane permeability and mineral
nutrient balance, affect the catalytic activity of many enzymes and thereby interfere with
biological growth and development [11,12]. Research has shown that Pb(II) has affected
the morphology, physiological characteristics and biochemical functions of plants, and
inhibited root growth and synthesis of photosynthetic pigments [13]. In addition, the
toxic effects of Pb(II) on plants weakened their antioxidant stress capacity, leading to lipid
peroxidation of chloroplast membranes and even cell damage. It was found that Pb(II)
inactivated enzymes involved in photosynthesis, inhibited chlorophyll synthesis and even
disrupted chloroplast integrity [14]. Moreover, the chlorophyll in plants and algae was
easily degraded by Pb(II) exposure in the growth environment [15].

As a new type of biotechnology for wastewater treatment, algal–bacterial granular
sludge achieves the purpose of wastewater purification or remediation by combining the
powerful nutrient uptake function of non-cellular structures (e.g., prokaryotic cyanobac-
teria, eukaryotic algae, diatoms, etc.) and the efficient degradation ability of bacteria
(e.g., nitrifying bacteria, denitrifying bacteria, polyphosphate bacteria, etc.) towards pollu-
tants [16–19]. Compared to traditional wastewater treatment technologies (e.g., activated
sludge process), algal–bacterial granular sludge relies on the symbiotic relationship between
algae and bacteria, where aerobic bacteria use the oxygen released by algae photosynthesis
to convert organic carbon into carbon dioxide, while algae use inorganic nitrogen and
phosphate for photosynthesis to synthesize intracellular components for their own growth
and reproduction [20].

In theory, the synergistic cycle between algae and bacteria in algal–bacterial granular
sludge can result in effectively improved removal efficiency of nutrients and reduced energy
consumption and greenhouse gas emissions for actual wastewater treatment. However, up
to now, the application of algal–bacterial granular sludge is still in its initial stages since
some components (e.g., heavy metals, persistent organic pollutants and microplastics) in
wastewater affect the symbiosis of microalgae and bacteria. Previous research has found
that the coexistence of Cd(II) exerts toxic effects on microorganisms in algal–bacterial
granular sludge, leading to changes in community structure and poor wastewater treat-
ment efficiency [21]. Further studies have approved that algal–bacterial granular sludge
exhibits a good adsorption capacity and can effectively treat Cr(VI)-containing wastewater
through mechanisms of bio-reduction and bio-adsorption with a total removal efficiency of
89.1% [22,23]. In the symbiosis of microalgae and bacteria, algae can adsorb heavy metals,
and bacteria are able to biotransform them to low toxicity forms [24]. The algal–bacterial
granular sludge process has exhibited effective remediation efficiency for heavy metals
and is hopeful to be widely used to treat heavy metal-containing wastewater. Currently,
the heavy metal removal technology used for wastewater treatment has not yet focused
on the algal–bacterial granular sludge process. Purebred algae are suitable for complex
wastewater environments with cell breakage, and low concentrations of heavy metals
cannot be highly selected. In addition, the actual application of the algal–bacterial granular
sludge process is not widespread or accepted. Therefore, it is of vital importance to study
the heavy metal-loaded algal–bacterial granular sludge process.

So far, most studies have focused on Pb(II) removal techniques [8]. Many researches
have reported that filtration, precipitation, adsorption, ion exchange and electrodialysis
could be applied as effective methods to remove Pb(II) in wastewater [8]. The detailed
removal mechanisms have been thoroughly studied. On the other hand, the algal–bacterial
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granular sludge process has been expected to be a new type of biotechnology in treating
municipal wastewater [18]. However, limited information regarding the effect of Pb(II) ex-
posure on the removal efficiency of nutrients (e.g., COD, ammonia nitrogen and phosphates)
and the corresponding metabolic responses is available. Further research is necessary to
address this knowledge gap. The main objective of this experimental study is to investigate
the influence of Pb(II) on the treatment efficiency of algal–bacterial granular wastewater,
and analyze its impact mechanism regarding metabolic reactions and microbial community
structure. It is hoped that this study can provide more information for future research on
the engineering feasibility of algal–bacterial granular technology.

2. Materials and Methods
2.1. Synthetic Wastewater and Algal–Bacterial Granular Sludge

The synthesized wastewater used in this study was simulated domestic sewage, which
was composed of 527 mg/L of NaAc (CH3COONa·3H2O), 114.6 mg/L of NH4Cl, 10 mg/L
of KH2PO4, 10 mg/L of CaCl2, 10 mg/L of MgSO4·7H2O, 10 mg/L of FeSO4·7H2O and
1 mL/L of trace elements. The trace solution contained 10 g/L of EDTA, 150 mg/L of
H3BO3, 100 mg/L of MnSO4·H2O, 30 mg/L of CuSO4·5H2O, 120 mg/L of ZnSO4·7H2O,
60 mg/L of Na2MoO4·2H2O, 180 mg/L of KI and 150 mg/L of CoCl2·6H2O.

In this study, algal–bacterial granular sludge was prepared from the sludge of a
wastewater treatment plant in Wuhan, China, using aerobic granular sludge cultivated
using the calcium salt method as raw materials [25]. Briefly, aerobic granules fed with
the synthetic wastewater described above were exposed to a light-emitting diode (LED)
light at a photosynthetic photon flux density (PPFD) of 10,000 lux under aerobic conditions.
After one month of cultivation, algal–bacterial granular sludge was gradually matured
with a typical green color, and an average size of 2 mm. Mature algal–bacterial granular
sludge with a 5 min sludge volume index (SVI5) of 77.25 mL/g was obtained [20,21,26].
The harvested mature algal–bacterial granular sludge was used in subsequent experiments.

2.2. Experimental Design

In this study, in a 60 mL glass serum bottle with a height/diameter of 2, 5 g of fresh
algal–bacterial granular sludge was added to 30 mL of synthetic wastewater. The volatile
suspended solids (VSS) concentration was 17.6 ± 0.2 g/L. A series of certain volumes of
500 mg/L of Pb(II) nitrate stock solution were added to obtain 2.5, 5.0, 7.5 and 10.0 mg/L
of Pb(II) in stimulated wastewater. No additional Pb(II) was set as the control. The pH of
the stimulated wastewater was kept at 6.4 ± 0.2. The experimental light intensity provided
by an LED was controlled at 10,000 lux; the light cycle was 8 h of light and 16 h of dark
to simulate natural lighting. Since nutrient removal efficiencies peaked at the end of the
daytime, sampling was carried out at 8 h. The influent and effluent water samples were
filtered through a 0.45 µm filter membrane for further analysis.

2.3. Analysis Methods

In this study, COD, ammonia-N, phosphate-P and VSS were determined according to
the standard methods [27]. The pH of the solution was measured using a PHS-3E (INESA
Scientific Instrument Co., Shanghai, China) pH meter. The concentration of total lead in
the water samples was determined by an AAnalyst 800 atomic absorption spectrometry
(Perkin Elmer, Waltham, MA, USA). Chlorophyll in algal–bacterial granular sludge was
extracted using 95% ethanol according to the following procedures. Firstly, 0.2 g of fresh
algal–bacterial granular sludge was placed in a 10 mL centrifuge tube. Then, 5 mL of 95%
ethanol was added and the centrifuge tube was urgently wrapped in tin foil to prevent light
transmission. The tube was then placed in a dark refrigerator at 4 ◦C for 24 h, followed
with centrifugation at 4000 rpm/min for 10 min. The total chlorophyll (total Chl) content,
including chlorophyll a (Chl a) and chlorophyll b (Chl b), was extracted using an acetone
extraction method [28].
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Extracellular polymeric substances (EPS) were extracted by a modified heat extraction
method [29]. Briefly, 0.5 g of algal–bacterial granular sludge was placed into a 50 mL
centrifuge tube, followed with washing with deionized water three times. Sodium chloride
solution (0.05%, 10 mL) was added to suspended algal–bacterial granular sludge in the
solution. The centrifuge tube containing the above solution was placed in an ultrasonic
cleaning machine and sonicated at 20 KHz for 3 min and then heated at 60 ◦C in a water
bath for 30 min. Finally, the centrifuge tube was frozen and centrifuged at 12,000× g
for 30 min. The supernatant was collected and filtrated with a 0.45 µM membrane for
the following determination. The extracted EPS was measured using a DM4000B LED
fluorescence microscope (Leica, Heidelberg, Germany), with an emission wavelength of
250–600 nm and an excitation wavelength of 250–550 nm. The polysaccharide concentration
was measured by the phenol–sulfuric acid method with glucose as the standard [30] and
the Lowry–Folin method was used for protein determination [31].

After being frozen in liquid nitrogen, algal–bacterial granular sludge was ground
to a paste using a high-speed grinder and mixed with 0.2 mol/L of phosphate buffer
(pH 7.8) (1:9), followed with centrifugation (4 ◦C, 4000 r/min) for 10 min to obtain a crude
enzyme solution from the supernatant for enzyme activity measurement. The activities of
superoxide dismutase (SOD), peroxidase dismutase (CAT) and malondialdehyde (MDA)
were tested by using kits purchased from Nanjing Jiancheng Bioengineering Institute
(Nanjing, China).

The algal–bacterial granular sludge samples were collected after 90-day culture for
microbial community analysis. DNA in samples was extracted using the E.Z.N.A.® Soil
DNA Kit (Omega Bio-Tek, Norcross, GA, USA) according to the manufacturer’s instruc-
tions. The quality of total DNA was checked by 0.8% agarose gel electrophoresis and
further quantified. The 16S rRNA and 18S rRNA genes were amplified using 515F/907R
prokaryotic primers targeting the V4–V5 region of the 16S rRNA gene and 528F/706R
eukaryotic primers targeting the V4 region of the 18S rRNA gene, respectively [21]. The
purified amplicons were collected in an equimolar manner on the Illumina MiSeq platform
and sequenced by Meiji Biopharmaceutical Technology Co., Ltd. (Shanghai, China).

2.4. Statistical Analyses

In this study, all experiments were performed in three replicates. All measurements
were repeated three times, and the data were represented as mean ± standard deviation
(SD). The SPSS V19.0 (IBM, New York, NY, USA) software was used to conduct one-way
analysis variance, and p < 0.05 stands for statistical significance.

3. Results and Discussion
3.1. Changes in Microbial Communities

The microbial community of eukaryote at species level in algal–bacterial granular
sludge after 90-day culture is shown in Figure 1a. Eukaryote were mainly composed of
Fungi_unclassified, Ascomycota and Leucosporidiella, accounting for 98.6%, 0.5% and 0.5%
in the control. In the presence of Pb(II) from 2.5 to 10.0 mg/L, the relative abundance of
Fungi_unclassified decreased from 97.8% to 61.4%, while the relative abundance of Ascomy-
cota increased from 0.5% to 36.4%. In addition, the relative abundance of Leucosporidiella
was kept at 0.9–1.7%. As reported, Ascomycota were highly tolerant to heavy metals [32,33].
The increased relative abundance of Ascomycota might be a way for microorganisms in
algal–bacterial granular sludge to adapt to Pb(II). As seen in Figure 1b, prokaryotic diver-
sity at the phylum level in microbial communities of algal–bacterial granular sludge was
mainly composed of Proteobacteria, Chloroflexi, Bacteroidota, Cyanobacteria and Firmicutes,
accounting for 51.8%, 31.1%, 2.8%, 7.8% and 1.3%, respectively. After a 90-day culture
with 2.5–10.0 mg/L of Pb(II), the relative abundance of Proteobacteria increased from 62.0%
to 77.8%. As a Pb-resistant strain, Proteobacteria was tolerant to Pb(II). Therefore, when
algal–bacterial granular sludge was exposed to Pb(II) for a long time, the relative abundance
of Proteobacteria increased [34].

160



Water 2023, 15, 3833

Figure 1. Distributions of eukaryotic diversity at species level (a) and prokaryotic diversity at phylum
level (b) in microbial communities of algal–bacterial granular sludge after 90-day culture. The others
named in the figures indicated the minority fractions that the sum of different eukaryotic species and
prokaryotic phylum accounted for less than 1% of its total sequences in each sample.

The algae in the algal–bacterial granular sludge used in this study were cyanobac-
teria. It was found that the relative abundance of cyanobacteria in prokaryotic diversity
was 7.8% in the control, which reduced to 0.7% with an increased Pb(II) concentration of
10.0 mg/L. In fact, photosynthetic pigments are one of the most commonly used indica-
tors to determine the algae. Heavy metals can impair the biosynthesis of photosynthetic
pigments in algae with varying degrees. As seen in Figure 2, insignificant chlorophyll
a content was shown with a Pb(II) concentration of 0–7.5 mg/L during 60-day culture
(p > 0.05). However, chlorophyll a content was reduced from 60–to 90 days. At 90 days,
chlorophyll a content was 21.39 ± 0.48, 17.86 ± 0.22, 16.25 ± 0.14 and 13.58 ± 0.49 mg/g
VSS, respectively. As for the 10.0 mg/L of Pb(II) concentration, chlorophyll a content
decreased from 21.39 ± 0.48 mg/g VSS to 11.32 ± 0.41 mg/g VSS at 90 days. As the only
chlorophyll in cyanobacteria, chlorophyll a was an index of cyanobacteria biomass [35].
However, when the concentration of heavy metals in the environment where cyanobacteria
live was high, the growth of cyanobacteria was affected and the biomass was reduced [36].
It was reported that heavy metals may affect the electron transfer reaction of the photo-
system through irreversible combination with intracellular components, which led to the
obstruction of the photoreaction stage and seriously impacted photosynthesis [37].
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Figure 2. Chlorophyll a content in algal–bacterial granular sludge.

3.2. Extracellular Polymeric Substance Content

Extracellular polymeric substances (EPS) are macromolecular polymers secreted by
microorganisms, mainly consisting of proteins, polysaccharides and a small amount of
nucleic acid [38]. EPS can form a protective barrier for cells to resist the adverse effects
of the external environment. The proteins in EPS play an important role in the bioreme-
diation of heavy metals [39,40]. The changes in the content of EPS-PN and EPS-PS in
algal–bacterial granular sludge is shown in Figure 3. It was found that more EPS-PN was
secreted at 2.5 mg/L of Pb(II) exposure while EPS-PN content reduced at 5.0–10.0 mg/L
of Pb(II). Take the 2.5 mg/L Pb(II)-exposure concentration as an example, EPS-PN con-
tent increased from 63.11 ± 2.37 mg/g VSS in the control to 68.93 ± 1.13 mg/g VSS after
30 days. At a Pb(II)-exposure concentration of 5.0–10.0 mg/L, EPS-PN content decreased
from 53.69 ± 3.26 mg/g VSS to 20.01 ± 3.13 mg/g VSS after 30 days. Similar trends for
EPS-PS change were observed. At a 2.5 mg/L of Pb(II)-exposure concentration after 90 days,
EPS-PS content increased from 74.92 ± 4.93 mg/g VSS in the control to 94.27 ± 1.93 mg/g
VSS while EPS-PN content reduced from 69.37 ± 3.86 mg/g VSS to 18.71 ± 5.79 mg/g VSS at
5.0–10.0 mg/L of Pb(II).

According to the changes in EPS-PN and EPS-PS content, low concentrations of Pb(II)
(0–2.5 mg/L) promoted algal–bacterial granular sludge to secrete more EPS, while high
concentrations of Pb(II) (5.0–10.0 mg/L) inhibited EPS secretion, presenting a phenomenon
of low concentration promotion–high concentration inhibition. It was concluded that
algal–bacterial granular sludge synthesized more EPS to cope with this adverse environ-
ment under low concentrations of Pb(II), while cell activity was inhibited to some extent
under high concentrations of Pb(II).

To further verify the changes in the types and concentrations of organic substances
in EPS, EPS samples from the experimental and control groups were measured using a
three-dimensional fluorescence spectrometer. Figure 4 shows the fluorescence spectra of
EPS from samples exposed under different Pb(II) concentrations. All the spectra showed
two obvious characteristic peaks, namely peak A (Ex/Em = 290/335–338) and peak B
(Ex/Em = 360/420). Peak A belonged to tryptophan protein substances and peak B was
attributed to humic substances [41]. An insignificant shift in the positions of the two
characteristic peaks of EPS indicated no change in the organic components in EPS of
algal–bacterial granular sludge exposed to 2.5–10.0 mg/L of Pb(II). It should be noted that
the fluorescence intensity of peak A increased from 19,549 in the control to 27,897, and then
decreased to 10,570. The intensity of peak B decreased from 20,268 to 745 at 0–10.0 mg/L
of Pb(II). Studies have shown that decreased fluorescence intensity can be attributed to
fluorescence quenching [42,43]. The experimental results indicated that humic substances
formed complexes with Pb(II), leading to a decrease in fluorescence intensity of peak B.
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Figure 3. Content of EPS-PN (a) and EPS-PS (b) in algal–bacterial granular sludge. Different letters
mean significant difference between treatments (p < 0.05).

Figure 4. 3D-EEM spectra of EPS from algal–bacterial granular sludge after 90 day-culture in the
presence of Pb(II) (a)—0; (b)—2.5 mg/L; (c)—5.0 mg/L; (d)—7.5 mg/L; (e)—10.0 mg/L) and the
fluorescence spectra parameters (f).
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3.3. Antioxidant Enzyme Activities and MDA Content Analysis

It was reported that cells produced active free radicals under adverse environment,
including superoxide free radicals, carboxyl free radicals and hydrogen peroxide. The
existence of these free radicals could disrupt the balance of intracellular oxidation, leading
to permanent dysfunction and cell death [44]. In addition, the massive production of these
reactive oxygen species could trigger or intensify the membrane lipid peroxidation, causing
serious damage to the membrane system. The product of the membrane lipid peroxida-
tion, MDA, could be used as an indicator to reflect the oxidative pressure faced by algae
cells [45]. As seen in Figure 5, MDA content was insignificantly different at 1–7.5 mg/L of
Pb(II) exposure concentration (p > 0.05) while increased at 10.0 mg/L of Pb(II)-exposed
concentration (p < 0.05) at 30 days. A similar trend was obtained at 60 and 90 days. It was
found that MDA content was increased from 167.48 ± 11.27 nmol/mgprot in the control to
325.47 ± 16.59, 355.68 ± 10.79, 418.23 ± 16.71 and 453.79 ± 18.53 nmol/mgprot at 2.5, 5.0,
7.5 and 10.0 mg/L of Pb(II) exposure concentration, respectively. These results indicated
that the damage degree caused by Pb(II) to algal–bacterial granular sludge was exacerbated
with the cultivation time and exposure concentration.

Figure 5. Antioxidant enzyme activity of MDA. Different letters mean significant difference between
treatments (p < 0.05).

To cope with the oxidative damage caused by Pb(II) and ensure the normal metabolism
of cells, several enzyme activities (e.g., SOD and CAT) could form an antioxidant enzyme
system. The presence of antioxidant enzymes can effectively remove the accumulated
active free radicals in organisms, ensuring the normal life activities of cells. SOD is the
primary antioxidant enzyme that plays a role in scavenging free radicals in cells. Its role is
to catalyze the disproportionation of free radicals and convert them into hydrogen peroxide
(H2O2) and superoxide radicals. The accumulation of H2O2 further promotes the synthesis
of CAT, which catalyzes H2O2 to decompose into H2O and O2 [46–48]. Figure 6 shows
the antioxidant enzyme activity of SOD and CAT. At 30 days, insignificant differences in
SOD activity at 0–10.0 mg/L of Pb(II) exposure concentration (p > 0.05) can be seen. SOD
activity increased from 217.75 ± 14.57 U/mgprot in the control to 380.78 ± 17.11 U/mgprot
at 10.0 mg/L of Pb(II) exposure concentration at 60 days. A similar trend for SOD activity
was observed at 90 days. On the other hand, CAT activity increased with Pb(II) exposure
concentration. The maximum CAT activity (i.e., 49.37 ± 2.63 U/mgprot) was obtained
at 60 days with 10.0 mg/L of Pb(II). However, CAT activity decreased at 90 days. This
phenomenon was similar to previous research. Algal–bacterial granular sludge effectively
eliminates the free radicals produced by oxidative stress through antioxidant enzymes in
the cells to maintain the metabolic balance of reactive oxygen species.
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Figure 6. Antioxidant enzyme activity of SOD (a) and CAT (b). Different letters mean significant
difference between treatments (p < 0.05).

3.4. Performance in Treating Municipal Wastewater

With different concentrations of Pb(II) exposure, insignificant differences in the re-
moval rate of COD between the experimental groups and the control group were observed
(p > 0.05), and both had stable removal rates of about 95%. After 90-day culture, the average
COD removal rates were 95.83%, 95.51%, 95.41%, 95.09% and 95.08%, respectively, at a
Pb(II) exposure concentration of 0–10.0 mg/L (Figure 7a). Moreover, algal–bacterial granu-
lar sludge maintained a high removal rate of ammonia-N, which was stable at around 97%
with an insignificant difference among environmental groups (p > 0.05). After 90-day cul-
ture, average ammonia-N removal rates were 97.72%, 97.44%, 97.33%, 97.39% and 97.48%,
respectively (Figure 7b). A similar trend was observed in the removal rate of phosphate-P,
which remained around 94% (p > 0.05). After 90-day culture, the average phosphate-P
removal rates were 94.79%, 94.06%, 94.04%, 93.55% and 93.68%, respectively (Figure 7c).

Figure 7. Removal profiles of COD (a), ammonia-N (b) and phosphate-P (c) across ninety days of
operation. The symbols of ‘�’ and ‘*’ in the figures stand for average value and outside point, respectively.
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It could be concluded that no inhibition of COD, ammonia-N and phosphate-P removal
occurred with Pb(II) exposure less than 10.0 mg/L after 90-day culture. Unlike the presence
of Cd(II) [21] and Cr(VI) [22], the synergistic effect of microalgae and bacteria could
eliminate the toxic effects of Pb(II) on microorganisms and resist the adverse impact of
Pb(II), evidenced by the almost unchanged nutrient removal abilities. COD, ammonia-N
and phosphate-P from the control were 15, 0.80 and 0.26 mg/L, respectively, meeting
the water quality standards for China, which were 75, 10 and 1 mg/L [9]. At a Pb(II)
concentration of 10.0 mg/L, COD, ammonia-N and phosphate-P concentrations in the
effluent water were 17, 0.88 and 0.32 mg/L, which were less than the specified threshold.
Based on these results, 0–10.0 mg/L of Pb(II)-containing wastewater could be handled by
the algal–bacterial granular sludge process and meet the discharge requirements. Therefore,
the algal–bacterial granular sludge process could be considered as an alternative approach
for treating low concentration of Pb(II)-containing wastewater.

The variations in Pb(II) removal by algal–bacterial granular sludge across 90 days
of operation were obtained. It was found that 88.5%, 89.9%, 90.5% and 89.1% of Pb(II)
(2.5–10.0 mg/L) was removed from the solution. In fact, the Pb(II) ions formed a stable
compound, lead acetate, with sodium acetate in the feed. Lead acetate is easily soluble
in water and generally generates lead hydroxide precipitates under alkaline conditions
with a pH above 12. It was found that the pH of the solution varied in the range of
6.4 ± 0.2–8.5 ± 0.3, therefore Pb(II) was unlikely to be removed in the form of precipitation.
The removal of Pb(II) may be attributed to electrostatic interaction with EPS, ion exchange
with metal ions and bonding to functional groups [8]. Therefore, algal–bacterial granular
sludge was able to effectively adsorb Pb(II) to meet the discharge requirements and could
be considered as an alternative approach for treating Pb(II)-containing wastewater.

4. Conclusions

This study demonstrated the performance and the adaptive strategies of algal–bacterial
granular sludge technology in wastewater treatment. Under Pb(II) stress for 90 days,
algal–bacterial granular sludge secreted more EPS, which could adsorb Pb(II) through the
rich negatively charged functional groups in EPS. In addition, the activities of SOD and CAT
enzymes in microbial cells showed an upward trend to eliminate reactive oxygen species
produced in cells. Both enzymes alleviated the oxidation burden by removing excess
free radicals. In addition, the performance of algal–bacterial granular sludge maintained
efficient COD, ammonia-N and phosphate-P removal capabilities. This article elaborates
upon the response of algal–bacterial granular sludge to cope with Pb(II) exposure in
the environment, and proposes a new and feasible approach for treating wastewater
containing Pb(II).
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Abstract: Due to their toxicity, Cr(VI) levels are subject to strict legislation and regulations in various
industries and environmental contexts. Effective treatment technologies are also being developed
to decrease the negative impacts on human health and the environment by removing Cr(VI) from
water sources and wastewater. As a result, it would be interesting to model and optimize the Cr(VI)
removal processes, especially those under neutral pH circumstances. Microbial fuel cells (MFCs)
have the capacity to remove Cr(VI), but additional research is needed to enhance their usability,
increase their efficacy, and address issues like scalability and maintaining stable operation. In this
research work, ANFIS modeling and artificial ecosystem optimization (AEO) were used to maximize
Cr(VI) removal efficiency and the power density of MFC. First, based on measured data, an ANFIS
model is developed to simulate the MFC performance in terms of the Cu(II)/Cr(VI) ratio, substrate
(sodium acetate) concentration (g/L), and external resistance Ω. Then, using artificial ecosystem
optimization (AEO), the optimal values of these operating parameters, i.e., Cu(II)/Cr(VI) ratio,
substrate concentration, and external resistance, are identified, corresponding to maximum Cr(VI)
removal efficiency and power density. In the ANFIS modeling stage of power density, the coefficient-
of-determination is enhanced to 0.9981 compared with 0.992 (by ANOVA), and the RMSE is decreased
to 0.4863 compared with 16.486 (by ANOVA). This shows that the modeling phase was effective.
In sum, the integration between ANFIS and AEO increased the power density and Cr(VI) removal
efficiency by 19.14% and 15.14%, respectively, compared to the measured data.

Keywords: microbial fuel cell; artificial ecosystem optimization; ANFIS modeling

1. Introduction

A conceptual framework known as the water–energy–food (WEF) nexus acknowl-
edges the interdependencies and connections between water, energy, and food systems [1,2].
It emphasizes the necessity for integrated and sustainable management techniques and
draws attention to the complex relationships and trade-offs among various areas [3,4].
Water is necessary for many human activities, such as residential use, industry, and agricul-
ture. It is necessary to produce energy, process food, and irrigate crops. Water resources
are limited and must contend with issues like scarcity, pollution, and rivalry from other
industries. Food must be produced, processed, transported, and distributed. It is essential
for the distribution, treatment, and delivery of water. Fossil fuels, hydropower, biomass,
and renewable energy sources have varying effects on water resources, and energy pro-
duction can exacerbate water pollution and stress [5]. Agriculture depends on energy
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inputs for machinery, transportation, processing, and water for irrigation. Food production
can significantly influence water resources, including water use, fertilizer and pesticide
contamination, and land degradation. Agricultural production and food security can both
be impacted by water availability and quality. The WEF nexus paradigm acknowledges the
possibility of cascading impacts from changes or disruptions in one sector to others. For
instance, the availability of food and agricultural productivity may need to be improved
by securing water resources. Crop yields, energy output, and water availability are all
impacted by climate change. The WEF nexus demands integrated planning, policy co-
ordination, and decision-making that considers the synergies and trade-offs across these
interconnected systems to be managed effectively and sustainably [6,7]. It entails locating
opportunities for resource optimization, expanding food production’s water and energy
efficiency, supporting renewable energy sources, lowering food waste, and boosting cli-
mate change resilience. When addressing issues related to water, energy, and food, the
WEF nexus method aids policymakers, academics, and practitioners in adopting a holistic
perspective to achieve more resilient and sustainable development pathways.

Although traditional wastewater treatment requires massive energy [8,9] for proper
treatment before safe discharge to the environment, wastewater contains biomass energy
that can provide considerable energy if properly used [10,11]. Using microorganisms and
the bio-electrochemical process of microbial metabolism, microbial fuel cells (MFCs) con-
vert organic matter into electrical energy [12,13]. A microbial fuel cell primarily transforms
organic substrates into electrical energy while treating organic waste or wastewater [14,15].
MFCs are vital for generating renewable energy. The fuel cell’s anode can capture the re-
leased electrons when microbes degrade organic matter and transport them to the cathode,
creating an electrical current. MFCs may be used as sustainable power sources in distant or
off-grid places [16]. Microbial fuel cells may be essential in the treatment of wastewater.
The anode chamber’s microorganisms break down organic debris as they consume it, detox-
ifying the wastewater. The MFC procedure can assist in removing organic contaminants
and lowering the wastewater’s COD. MFCs may find use in bioremediation, which entails
eliminating or degrading contaminants from the environment. Utilizing microorganisms’
metabolic processes, MFCs can speed up the breakdown of some pollutants or change them
into less dangerous forms [17,18]. MFCs can be a power source for low-power sensors
or monitoring equipment. Thanks to their ability to produce power from organic matter,
they can supply sensors used for environmental monitoring or remote sensing applications
with sustainable and self-sufficient energy. In disciplines including microbiology, bioelec-
trochemistry, and renewable energy, MFCs are valuable tools in research. They serve as
a platform for research into electrochemical and microbiological processes and improve
energy conversion effectiveness. Even though microbial fuel cells have shown promise
in several applications, more study and development are still required to increase their
effectiveness, scalability, and viability for commercial use.

MFCs can perform better thanks to artificial intelligence (AI) approaches since they
can help optimize, control, and make decisions [19–21]. AI has been used to improve
MFC performance [22]. Particle swarm optimization and genetic algorithms are two
examples of AI techniques that can improve MFC systems’ design and configuration.
AI can assist in identifying the best electrode materials, reactor layouts, and operating
conditions to maximize power output and efficiency by considering various characteristics
and restrictions. AI-based solutions are capable of enabling real-time monitoring and
control of MFC functioning. To gain insights into the performance of MFCs, machine
learning techniques can be used to analyze sensor data, microbial activity, and other
pertinent characteristics. Using this data, operational parameters can be changed, power
generation can be optimized, and system problems can be avoided. AI can help create
performance-based predictive models for MFC [23]. Machine learning algorithms can
analyze historical data to grasp the intricate correlations between operational parameters
and power output. Then, these models may be applied to forecast MFC performance
under various scenarios, facilitate decision-making, and enhance system performance. By
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automating some jobs and decision-making procedures, AI can assist in streamlining the
overall MFC process. Continuous data analysis, adaptive operational condition adjustment,
and resource allocation optimization are all capabilities of AI algorithms. This can increase
power generation, maximize energy efficiency, and simplify MFC operation. It is crucial
to remember that AI approaches in MFCs are still a developing topic, and work is being
undertaken to fully realize their potential. The particular MFC system, the data that
are accessible, and the optimization or control goals will determine the individual AI
methodologies and approaches used. The performance, effectiveness, and sustainability of
microbial fuel cells could be improved by using AI technology in research and development.

Both fuzzy sets and fuzzy logic are used in the computational methods of ANFIS
(adaptive neuro-fuzzy inference system) and fuzzy logic. ANFIS and fuzzy logic, however,
differ significantly in a few crucial ways [24,25]. Fuzzy logic is a mathematical framework
for representing and manipulating imprecise or uncertain information using linguistic
variables and fuzzy rules [26]. It is based on the fuzzy sets theory, in which membership
functions define the degree of membership of an element in a set. A hybrid computational
model that blends fuzzy logic and neural networks is called ANFIS. ANFIS uses a neural
network topology to represent a fuzzy inference system, and a learning algorithm is used to
update the membership function and fuzzy rule parameters. Human experts often define
fuzzy rules and membership functions based on their domain expertise and intuition. To
modify the fuzzy inference system’s parameters, ANFIS uses a learning technique often
based on gradient descent or backpropagation. Thanks to this learning process, ANFIS may
automatically modify the fuzzy rules and membership functions based on training data.

The removal of Cr(VI) depends on an MFC systems working circumstances, including
substrate type and concentration [27,28], external resistance [29], and others. According
to Koók et al. [29], external resistance impacts how extracellular electrons are transferred
from the bacteria that produce them to the electrode surface. The substrate concentration
influences the number of electrons created at the anode during the oxidation process,
which correlates to the number of electron moves from the anode to the cathode, and
thus significantly impacts electricity production [28]. Therefore, this research aims to
improve the MFC’s power density and Cr(VI) removal efficiency by utilizing artificial
ecosystem optimization (AEO) and ANFIS modeling. To simulate the MFC in terms of the
Cu(II)/Cr(VI) ratio, substrate (sodium acetate) concentration (g/L), and external resistance,
an ANFIS model is first created based on observed data. In order to achieve the highest
Cr(VI) removal efficiency and power density, the ideal values of the Cu(II)/Cr(VI) ratio,
substrate concentration, and external resistance are then determined using AEO.

2. Microbial Fuel Cells

Microbial fuel cells (MFCs) have a generally established working mechanism. The
microbial metabolism of organic matter, which entails several crucial phases and activities,
is the basis upon which MFCs operate [26]. A biofilm or anode electrode coated with
microorganisms, usually bacteria, is found in the anode chamber of an MFC. These bacteria
can oxidize organic material found in substrates or effluents. Microbes break down organic
matter as they metabolize it through various biochemical processes, such as oxidation or
fermentation [30]. Electrons and protons are liberated from the organic molecules during
this process. The anode electrode, which serves as the electron acceptor, receives the emitted
electrons from the microbial metabolism.

The microorganisms on the anode surface create direct or mediated electron transfer
channels to aid in this electron transfer process. The anode chamber becomes more acidic
due to the simultaneous release of protons (H+) created during the oxidation of organic
materials into the solution. These protons move towards the cathode chamber through the
electrolyte. A membrane or ion exchange separator separates the anode and cathode cham-
bers, which also permits proton migration. As a result, the anode and cathode solutions
cannot be mixed directly. A second electrode serves as the electron acceptor in the cathode
chamber, typically for oxygen reduction. Water is created when oxygen from the cathode
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and protons and electrons from the anode chamber come together. Electrons produced at
the anode travel via an external circuit to produce an electric current that can be used to
power electronics or recharge batteries, among other valuable applications. A continuous
flow of electrons from the anode to the cathode is made possible by the external circuit’s
flow of electrons, which completes the electrochemical circuit. The microbial metabolism
and the voltage differential between the anode and cathode electrodes propel this electron
flow. Figure 1 shows schematic diagram of the main components of the MFC. The microbial
oxidation of organic materials at the anode, which produces electrons and protons, is the
main component of the microbial fuel cell mechanism [31]. It is important to note that differ-
ent MFCs may use different microbial species, substrate compositions, electrode materials,
and system configurations, which might affect performance and efficiency. Microbial fuel
cells’ processes and operating parameters are now being further understood and optimized
for better performance and broader applications.
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Given the potential risks to both human health and the environment, treating wastew-
ater containing Cr(VI) is garnering more attention. Because Cr(VI) is highly hazardous,
carcinogenic, and mutagenic, it must be removed correctly to keep it from entering the
environment. Cr(VI) concentrations in wastewater produced by industrial processes such
as electroplating, leather tanning, welding, and dyeing can range from 5.7 to 87 mg/L
(wastewater from electroplating) [32]. If these concentrations are not appropriately handled,
they can present serious dangers. On the other hand, Cr(III) is less harmful to organisms
and tends to precipitate as Cr(OH)3. Wastewater containing Cr(VI) must be treated to
lessen its adverse effects on ecosystems and human health. Chemical precipitation, adsorp-
tion, ion exchange, membrane filtration, and biological therapy are some of the treatment
techniques that can be used. Each approach has pros and cons, and the choice is made
based on the baseline Cr(VI) concentration, the required level of treatment efficacy, cost,
and infrastructure accessibility. Cr(VI) concentrations can be effectively brought down
to safe levels by effective treatment techniques, allowing for regulatory compliance and
reducing environmental contamination. To ensure the preservation of the environment and
human health, applying effective treatment technologies and adopting sound management
practices for Cr(VI) is essential. Additionally, continuous monitoring and adherence to
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environmental standards are crucial to stopping the discharge of Cr(VI) into ecosystems
and water bodies.

An MFC system’s ability to remove Cr(VI) is influenced by its operational circum-
stances, including substrate type and concentration, external resistance, and others [33].
The external resistance impacts the extracellular electron transfer from the bacteria that
produce extracellular electrons to the electrode surface. The number of electron suppliers,
or the substrate concentration, determines how many electrons are produced at the anode
during the oxidation process, which significantly impacts how much power is produced.
The kind and concentration of the substrate used in the MFC are essential for removing
Cr(VI) and producing electricity. The substrate supplies the microorganisms in the anode
chamber with the carbon they need for their metabolic activity. The bacterial oxidation of
organic material causes the release of electrons that help produce power. Up to a certain
optimum point, the substrate concentration influences electron donor availability, and a
higher concentration may result in increased electricity production and improved Cr(VI)
elimination. However, extremely high substrate concentrations may result in unwanted
microbial metabolic byproducts or substrate inhibition. The MFC’s exterior resistance
impacts how extracellular electrons are transported from the bacteria that produce them to
the electrode surface. The resistance, which is frequently managed by an external load or re-
sistor, affects the circuit’s electron flow and regulates the amount of current produced. The
external resistance can be adjusted to achieve the best balance between power production
and Cr(VI) removal efficiency. Depending on the specific goals of the MFC operation, ad-
justing the external resistance might help maximize power output or prioritize the removal
of Cr(VI).

Therefore, to effectively remove Cr(VI) and generate energy, an MFC system’s working
parameters must be optimized, considering substrate concentration, external resistance,
and the Cu(II)/Cr(VI) ratio. The MFC’s performance can be optimized by adjusting these
parameters, making it more suitable for specific applications and ensuring efficient Cr(VI)
remediation while producing sustainable energy.

In the current research, the considered data were obtained from [32]. These measure-
ments were obtained using a two-tank microbial fuel cell (MFC). Each tank had a 700 mL
functional capacity. The anode was made of carbon cloth, measuring 12 cm2. Meanwhile,
the cylindrical cathode was made of conductive carbon black combined with 10.24% wt
polyvinyl alcohol (PVA). External resistors of 12 mm in length were used to link the anode
and cathode. More details can be found in [32]. The number of data points is 19. Three input
parameters are used as follows. The lower and upper limits for Cu(II)/Cr(VI) ratio are 0.33
and 1.672, respectively. The lower and upper percentages of the substrate concentration
are 0.244 and 1.756. The minimum and maximum external resistance values are 244 Ω and
1000 Ω, respectively. Under these conditions, the power density (PD) of the MFC system
ranged from 0.45 mW/ m2 to 36.76 mW/m2, and the Cr(VI) removal (RE) ranged from
30% to 75%, suggesting that the PD and Cr(VI) RE of the MFC system were affected by the
Cu(II)/Cr(VI) ratio, substrate concentration, and external resistance. A modeling approach
may successfully handle small amounts of nonlinear data. ANFIS combines the advantages
of fuzzy logic and neural networks to create a hybrid model capable of capturing nonlinear
relationships; therefore, it is used in the current study.

3. ANFIS Model of MFCs

Fuzzy offers a versatile and user-friendly framework for processing imprecise or
uncertain information. A rich representation of information and reasoning is possible
thanks to its ability to handle complicated fuzzy rules and membership functions [34].
ANFIS introduces neural networks’ processing power and learning capacity, enabling them
to learn and optimize the fuzzy inference system’s parameters automatically. When the
fuzzy rule base or membership functions need to be modified based on data, or when they
are not well defined, ANFIS can be especially helpful. Fuzzy is widely employed in many
areas, including expert systems, decision-making, pattern recognition, and control systems.
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ANFIS has found use in tasks including system identification, modeling, prediction, and
control, where both fuzzy logic and neural networks are advantageous. In conclusion,
ANFIS and fuzzy logic use fuzzy sets and fuzzy logic concepts. Still, ANFIS blends fuzzy
logic with neural networks and includes learning algorithms to change the fuzzy inference
system’s settings. Unlike classical fuzzy logic, which depends on predefined rules and
membership functions, this hybrid method enables ANFIS to learn from data and optimize
its performance [35].

Numerous steps are usually involved in the modeling process for the ANFIS. Preparing
and prepping the input and output data for ANFIS modeling is the initial stage of the
procedure. Data normalization, cleansing, and set division into training and testing sets are
all included in this. ANFIS begins by creating a set of fuzzy rules based on the input-output
information. The intricacy of the problem and the quantity of input variables determine
the number of rules and the structure of those rules. Typically, clustering methods or grid
partitioning techniques are used to construct the fuzzy rules. The membership function
parameters connected to each input variable in the created fuzzy rules are determined
in the following step. The least squares approach and gradient descent algorithms are
frequently used parameter estimation techniques. The fuzzy inference system is built at this
stage using the generated fuzzy rules and the estimated membership function parameters.
The fuzzy inference system integrates the input variables and their corresponding fuzzy
sets to make fuzzy inferences using fuzzy rules. To modify the fuzzy inference system’s
parameters, ANFIS employs a hybrid learning technique. The fuzzy rules’ associated
weights and membership function parameters are updated in this phase. The learning
algorithm, such as the backpropagation method, often uses the training data to reduce
the error between the expected and actual output values. Following the learning phase,
the ANFIS model is assessed and validated using the testing data. Metrics like mean
squared error (MSE), root mean squared error (RMSE), or correlation coefficients are used
to evaluate the model’s performance to gauge its accuracy and generalizability. The ANFIS
model can make predictions or carry out system control operations based on new input
data once it has been trained, validated, and optimized. It is crucial to remember that the
specific implementation and variations in ANFIS modeling can change depending on the
issue domain, the data that is accessible, and the particular application needs. Although
the stages above offer a broad framework for ANFIS modeling, specifics may change based
on the model architecture and learning methods.

The output of the ANFIS model is mapped to crisp form during the defuzzification
phase. The map of input–output is formulated by IF–THEN rules. An example of the fuzzy
rule is presented below.

IF x is A1 and y is B1 then f 1 = g1(x, y)

IF x is A2 and y is B2 then f 2 = g2(x, y)

where, the A1 and B1 are the MFs of the two inputs x and y.
The final output f is estimated as following.

f =
∼
ω1 f1 +

∼
ω2 f2 (Output Layer)

where
∼
ω1 and

∼
ω2 are the firing strength of rules.

Evaluating

∼
ω1g1(x, y) and

∼
ω2g2(x, y) (Defuzzification Layer)

∼
ω1 =

ω1

ω1 + ω2
and

∼
ω2 =

ω2

ω1 + ω2
(N Layer)
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where ω1 and ω2 are the weights.

ω1 = µA1 ∗ µB1and ω2 = µA2 ∗ µB2 (π Layer)

µA1 , µA2 , µB1 and µB2 are the MF values of the two inputs (Fuzzification Layer)

4. Parameter Identification by an Artificial Ecosystem Optimizer

An innovative method for resolving optimization issues is called artificial ecosystem-
based optimization (AEO). It uses the principles of adaptability, cooperation, and rivalry
seen in biological systems to tackle challenging optimization issues. It takes inspiration
from natural ecosystems. AEO assembles a population of individual solution candidates, or
“organisms,” that represent potential answers to the optimization issue to form an artificial
ecosystem. These organisms interact and change over time due to numerous factors, includ-
ing competition, mutation, reproduction, and selection. The following steps are commonly
included in the optimization process in AEO: A population of initial solution candidates is
randomly generated within the search space. The fitness or objective function value is com-
puted to evaluate each potential solution. Reproduction, crossover, and mutation are just a
few of the mechanisms the solution candidates use to interact with one another and imitate
the principles found in natural ecosystems. This enables the sharing of genetic data and
the research of various search space locations [36]. Candidates for the solution are chosen
depending on how likely they are to survive and reproduce in the following generation.
Positive traits or qualities are transmitted to succeeding generations. A termination crite-
rion, such as reaching a present number of generations or arriving at a good solution, must
be satisfied before the optimization process can be completed. Similar to other methods
like genetic algorithms, particle swarm optimization, or ant colony optimization, AEO is
regarded as a metaheuristic or nature-inspired optimization methodology. Simulating the
dynamics and interconnections of natural ecosystems provides a new way to approach the
solution of optimization problems. It is crucial to remember that the precise application and
variants of AEO can change based on the issue at hand, the goal of the optimization, and
the particular algorithms or methods employed inside the framework. To find a solution,
AEO typically uses the following guidelines. The production operator can be modeled as
follows [36].

xt+1
1 = (1− a)xt

n + axt
rand

a = (1− t
tMax

)r1; xrand = r(ub− lb) + lb

where n presents the population size, r1 and r are random factors, and xrand is a random
position produced in the search space. The consumption operator can be modeled as

xt+1
i = xt

i + C(xt
i − xt

1), i ∈ [2, ..n]; i f rand < 1/3{
xt+1

i = xt
i + C(xt

i − xt
j), i ∈ [3, ..n]

j = randi([ 2 i− 1 ])
; i f 1/3 < rand < 2/3





xt+1
i = xt

i + C(r2(xt
i − xt

j)

+(1− r2)(xt
i − xt

j)),
i ∈ [3, ..n]

j = randi([ 2 i− 1 ])

; i f rand > 2/3

The decomposition operator can be modeled as

xt+1
i = xt

n + D(ext
n − hxt

i ), i ∈ [1, ..n]
D = 3u, u ∼ N(0, 1)
e = r3.randi([1 2])− 1

h = 2r3 − 1

The AEO flowchart is presented in Figure 2. As explained in Figure 2, in the consump-
tion stage, the consumer feeds on another consumer with a lower energy level or on a
producer. For the consumer classes, carnivores, herbivores, and omnivores.
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The primary purpose of the optimization phase is to acquire the optimal values of
Cu(II)/Cr(VI) ratio, substrate concentration, and external resistance that generate the max-
imum Cr(VI) removal efficiency and power density. Therefore, during the optimization
process, the Cu(II)/Cr(VI) ratio, substrate concentration, and external resistance are as-
signed as decision variables, whereas the Cr(VI) removal efficiency and power density are
the objective function that had to be most significant. The problem statement of the current
optimization procedure may be written as

x = arg
x∈R

max(y)

where x is the set of input variables, and y is the output variable.

5. Results and Discussion
5.1. Modeling Phase

The ANFIS model was developed using 19 experiments. The data are divided into two
groups: training and testing. Fifteen points comprise the first component, which is used
to train the model; the remaining points are used to test the model. The hybrid training
method employs LSE for the forward path and backpropagation for the backward direction.
The system’s rules, which number 15, were constructed using the SC. These models were
subsequently trained until a reduced RMSE was attained. Table 1 displays the statistical
metrics that the ANFIS model produced.
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Table 1. Statistical metrics of ANFIS models.

RMSE Coefficient of Determination (R2)

Train Test All Train Test All

Model of power density

9.64 × 10−6 1.0598 0.4863 1.0 0.9864 0.9981
Model of Cr(VI) removal efficiency

2.63 × 10−5 2.1275 0.9761 1.0 0.9991 0.9963
Note: All means the total data containing both training and testing data sets.

Regarding Table 1, the RMSE values for the training and testing data sets for the ANFIS
model of the power density are 9.64 × 10−6 and 1.0598, respectively. For training and
testing, the coefficients of determination are 1.0 and 0.9864, respectively. The coefficient of
determination is enhanced from 0.992 (by ANOVA) to 0.9981 (by ANFIS), and the RMSE is
decreased from 16.486 (by ANOVA) to 0.4863 (by ANFIS). For the training and testing data
sets, the RMSE values for the ANFIS model of Cr(VI) removal efficiency are 2.63× 10−5 and
2.1275, respectively. For training and testing, the coefficients of determination are 1.0 and
0.9991, respectively. The coefficient of determination is enhanced from 0.951 (by ANOVA)
to 0.9963 (by ANFIS), and the RMSE is decreased from 22.60 (by ANOVA) to 0.9761 (by
ANFIS). This shows that the fuzzy modeling phase was effective. Figure 3 depicts the
3-input, single-output fuzzy model architecture, and Figure 4 depicts the general contours
of the Gaussian form of MFs.
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Figure 3. Configuration of ANFIS models [a] power density and [b] Cr(VI) removal efficiency. Figure 3. Configuration of ANFIS models [a] power density and [b] Cr(VI) removal efficiency.

Figure 5 provides a three-dimensional spatial representation, including the contour
plots of the input-output functions for every combination of inputs. The color scale ranges
from dark red, representing the maximum output value, to dark blue, which indicates the
minimum output value. There is an enhancement in PD and Cr(VI) RE with an increase
in substrate concentration. However, a decrease in PD and Cr(VI) RE is observed when
external resistance deviates from an optimal range, either by increasing too much or
decreasing substantially. This can be attributed to the fact that excessively high external
resistance raises the obstacle to electron transfer from anode to cathode, lowering the current
and making electricity generation and Cr(VI) removal less favorable. On the other hand, if
the external resistance is too low, it results in an inadequate potential difference between the
anode and cathode, impairing electron transfer and destabilizing the MFC system. Hence,
an optimal level of external resistance is conducive to power generation in the MFC system
and the removal of Cr(VI). Among the factors, substrate concentration exerts the most
significant influence on PD; therefore, an adequate amount of substrate is preferable. On
the other hand, a shortage of substrate greatly diminishes the PD. Consequently, addressing
both external resistance and substrate concentration in evaluating the PD is imperative.
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Figure 5 also elucidates that augmenting the substrate concentration and the ratio of Cu(II)
to Cr(VI) is beneficial for the PD. This is associated with the rise in electron production
owing to the availability of organic material in the anode compartment for microbial
degradation.

Water 2023, 15, x FOR PEER REVIEW 10 of 15 
 

 

 
Figure 4. Inputs’ MFs of ANFIS models: [a] power density and [b] Cr(VI) removal efficiency. 

Figure 5 provides a three-dimensional spatial representation, including the contour 
plots of the input-output functions for every combination of inputs. The color scale ranges 
from dark red, representing the maximum output value, to dark blue, which indicates the 
minimum output value. There is an enhancement in PD and Cr(VI) RE with an increase 
in substrate concentration. However, a decrease in PD and Cr(VI) RE is observed when 
external resistance deviates from an optimal range, either by increasing too much or de-
creasing substantially. This can be attributed to the fact that excessively high external re-
sistance raises the obstacle to electron transfer from anode to cathode, lowering the current 
and making electricity generation and Cr(VI) removal less favorable. On the other hand, 
if the external resistance is too low, it results in an inadequate potential difference between 
the anode and cathode, impairing electron transfer and destabilizing the MFC system. 
Hence, an optimal level of external resistance is conducive to power generation in the MFC 
system and the removal of Cr(VI). Among the factors, substrate concentration exerts the 
most significant influence on PD; therefore, an adequate amount of substrate is preferable. 
On the other hand, a shortage of substrate greatly diminishes the PD. Consequently, ad-
dressing both external resistance and substrate concentration in evaluating the PD is im-
perative. Figure 5 also elucidates that augmenting the substrate concentration and the ra-
tio of Cu(II) to Cr(VI) is beneficial for the PD. This is associated with the rise in electron 
production owing to the availability of organic material in the anode compartment for 
microbial degradation. 

Figure 4. Inputs’ MFs of ANFIS models: [a] power density and [b] Cr(VI) removal efficiency.

Water 2023, 15, x FOR PEER REVIEW 11 of 15 
 

 

 

 
Figure 5. Three-dimensional plot of controlling parameters: [a] power density and [b] Cr(VI) re-
moval efficiency. 

Figure 6 shows the predicted versus measured data of the ANFIS model of power 
density and Cr(VI) removal efficiency. It is clear that the estimated and measured values 
fit each other well. The image presented in Figure 7 also shows the predictions’ plots 
around the line of 100% accuracy for both the training and testing phases. 

Figure 5. Cont.

178



Water 2023, 15, 3564

Water 2023, 15, x FOR PEER REVIEW 11 of 15 
 

 

 

 
Figure 5. Three-dimensional plot of controlling parameters: [a] power density and [b] Cr(VI) re-
moval efficiency. 

Figure 6 shows the predicted versus measured data of the ANFIS model of power 
density and Cr(VI) removal efficiency. It is clear that the estimated and measured values 
fit each other well. The image presented in Figure 7 also shows the predictions’ plots 
around the line of 100% accuracy for both the training and testing phases. 

Figure 5. Three-dimensional plot of controlling parameters: [a] power density and [b] Cr(VI) removal
efficiency.

Figure 6 shows the predicted versus measured data of the ANFIS model of power
density and Cr(VI) removal efficiency. It is clear that the estimated and measured values fit
each other well. The image presented in Figure 7 also shows the predictions’ plots around
the line of 100% accuracy for both the training and testing phases.
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Figure 6. Predicted versus measured data of the ANFIS model: [a] power density and [b] Cr(VI)
removal efficiency.

5.2. Optimization Phase

This section aims to identify the optimal levels of Cu(II)/Cr(VI) ratio, substrate con-
centration, and external resistance corresponding to maximum Cr(VI) removal efficiency
and power density. As a result, AEO has been used to predict the best values for three
regulating parameters after building trustworthy ANFIS models. The top experimental
input and output parameters and the AEO are shown in Table 2. The integration between
ANFIS and AEO increased the power density from 32.7 mW/m2 to 38.96 mW/m2 (by
19.14%) compared to measured data. In addition, boosting the Cr(VI) removal efficiency
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from 71% to 81.75% (by 15.14%) compared to measured data. Under this condition, the
optimal values are 1.672, 1.756 (g/L), and 1404.8 Ω, respectively, for the Cu(II)/Cr(VI) ratio,
substrate concentration, and external resistance. Figure 8 shows the particle convergence
of objective function, normalized Cu(II)/Cr(VI) ratio, normalized substrate concentration,
and normalized external resistance. The figure demonstrated that all particles converged to
the optimal value after 35 iterations.
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Table 2. Best parameters by measured, ANOVA, and proposed methods.

Cu(II)/Cr(VI)
Ratio

Substrate
Concentration

External
Resistance

Power
Density,
mW/m2

Cr(VI)
Removal
Efficiency

Change in
Power

Density

Change in
Cr(VI)

Removal
Efficiency

Measured [32] 1.4 1.45 (g/L) 1000 Ω 32.7 71% 0.0 0.0
ANOVA [32] 1.65 1.36 1360 33.84 71% 3.48% 0.0

ANFIS and AEO 1.672 1.756 (g/L) 1404.8 Ω 38.96 81.75% 19.14% 15.14%
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6. Conclusions

Boosting Cr(VI) removal efficiency and power density of microbial fuel cells using
ANFIS and artificial ecosystem optimization (AEO) is the main target of this research.
The proposed methodology contains two phases: modeling and parameter identification
by artificial ecosystem optimization (AEO). First, based on measured data, an ANFIS
model is developed to simulate the MFC in terms of the Cu(II)/Cr(VI) ratio, substrate
(sodium acetate) concentration (g/L), and external resistance Ω. Then, using AEO, the
optimal values of the Cu(II)/Cr(VI) ratio, substrate concentration, and external resistance
are identified, corresponding to maximum Cr(VI) removal efficiency and highest power
density. For the training and testing data sets, the RMSE values for the ANFIS model
of Cr(VI) removal efficiency are 2.63 × 10−5 and 2.1275, respectively. For training and
testing, the coefficients of determination are 1.0 and 0.9991, respectively. The coefficient of
determination is enhanced from 0.951 (by ANOVA) to 0.9963 (by ANFIS), and the RMSE
is decreased from 22.60 (by ANOVA) to 0.9761 (by ANFIS). This shows that the fuzzy
modeling phase was effective. Finally, the integration between ANFIS and AEO increased
the power density from 32.7 mW/m2 to 38.96 mW/m2, by 19.14%, compared to measured
data. In addition, it boosted the Cr(VI) removal efficiency from 71% to 81.75%, by 15.14%,
compared to measured data. Under this condition, the optimal values are 1.672, 1.756 (g/L),
and 1404.8 Ω, respectively, for the Cu(II)/Cr(VI) ratio, substrate concentration, and external
resistance. The obtained results are not verified experimentally; therefore, they could be
used as a basis for further investigations using more parameters than those investigated in
the current research.
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