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Preface

Water scarcity has become a pressing global issue. The primary goal of municipal wastewater

treatment is to eliminate contaminants from wastewater prior to releasing it back into the

environment. The treated effluent can then be repurposed for various water reuse applications

and resource recovery initiatives. This reprint, including 17 papers, addresses various aspects of

wastewater treatment, highlighting advancements and challenges in the field. One study investigates

the influence of salts on the photocatalytic degradation of formic acid in wastewater, while another

assesses the impact of COD in toxic industrial wastewater on nitrification efficiency. Another explores

the efficiency of side stream nitrification in modern two-stage activated sludge plants. One study

conducts a risk analysis of heavy metals migration from sewage sludge, and another discusses

municipal wastewater connections related to water crises and jaundice outbreaks in Shimla City.

Another evaluates magnetic nanomaterials for wastewater treatment using biochemical methane

potential tests. One review focuses on advanced oxidation technology in sludge conditioning and

dewatering, while another analyzes micro- and macro-elements in plants used for landfill leachate

treatment. Another study examines the effects of temperature shifts in anaerobic digestion for

municipal wastewater sludge. One investigation looks into the influence of particle size and zeta

potential in treating highly colored landfill leachate. Another examines heavy metals in harvested

rainwater for domestic use in Palestine. Another assesses the impact of treated wastewater irrigation

on barley metabolism in arid regions. One review discusses the status of chlorine and UV irradiation

in wastewater treatment, while another explores the synthesis and application of 11Å-TA from coal

fly ash. One study investigates the potential of Nephelium lappaceum seed as a coagulant in landfill

leachate treatment. Another analyzes seasonal and technological shifts of multi-resistant pathogens

in municipal wastewater treatment. This reprint contributes to the understanding and improvement

of wastewater treatment technologies, addressing environmental and public health concerns.

Yung-Tse Hung, Hamidi Abdul Aziz, and Issam A. Al-Khatib

Guest Editors
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Abstract: Conventional wastewater treatment technologies have difficulties in feasibly removing
persistent organics. The photocatalytic oxidation of these contaminants offers an economical and
environmentally friendly solution. In this study, TiO2 membranes and Ag/TiO2 membranes were
prepared and used for the decomposition of dissolved formic acid in wastewater. The photochemical
deposition of silver on a TiO2 membrane improved the decomposition rate. The rate doubled by
depositing ca. 2.5 mg of Ag per 1 g of TiO2. The influence of salinity on formic acid decomposition was
studied. The presence of inorganic salts reduced the treatment performance of the TiO2 membranes
to half. Ag/TiO2 membranes had a larger reduction of ca. 40%. The performance was recovered by
washing the membranes with water. The anion adsorption on the membrane surface likely caused
the performance reduction.

Keywords: photocatalysis; Ag/TiO2; inorganic salts; immobilization; isoelectric point

1. Introduction

A large variety of persistent organic molecules are found in the wastewater from
municipal and industrial activities of a city. Some of these organics are bio-accumulative and
can be toxic, even in low concentrations. However, current technologies have difficulties
in treating these dilute components in an economic and environmentally friendly manner.
In addition, municipal wastewater contains salinity in the coastal area, which can change
the properties of wastewater treatment technology [1–3]. For example, salts can hinder the
growth of microorganisms and change the performance of activated sludge treatment [1].
Concentrations of 10 to 100 mmol/L NaCl in water changed the adhesion energy of humic
substances and affected their removal by adsorption [3]. Coexisting NaCl in water is also
reported to slightly reduce catalytic wet-air oxidation activity [2].

Catalytic wet-air oxidation decomposes various types of organics in wastewater that
are difficult to degrade by biological treatment [4,5]. Immobilizing catalyst particles on
membranes eliminate the process required to separate spent catalysts from the treated water.
In addition, the configuration of catalytic membrane contactors facilitates oxygen supply to
the reaction field, which enhances the decomposition rate of dissolved organics by catalytic
oxidation [6,7]. For example, platinum-based catalytic membranes decomposed dissolved
phenols in seawater under mild conditions, showing the potential for membranes to treat
wastewater [6]. However, the catalytic performance needs to be improved to reduce the
footprint of the membrane unit. As photocatalysts can decompose various types of organics
in water [8], immobilizing these photocatalysts on membranes is a possible solution to
improve the catalytic membrane performance.
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Titanium dioxide (TiO2) is a commonly used photocatalyst as it is robust, nontoxic, and
cost-effective. However, TiO2 requires UV light irradiation to activate due to the wide band
gap energy of 3.2 and 3.0 eV for the anatase and rutile phases, respectively [9,10]. Large
efforts have been made to narrow the band gap by modifying TiO2 with dye, noble metals,
such as Au, Ag, and Pt, transition metals, such as Fe and Cu, and other materials [10].
Successful modifications made the TiO2-based catalysts visible-light active and the high
performance of decomposing dissolved organics in water is reported [11,12].

Many studies evaluating photocatalytic activity use solutions prepared by dissolving a
controlled amount of target organic compounds into distilled water. While salinity can exist
in wastewater, its influence on photocatalytic activity is not fully understood. For example,
Chen et al. reported a negative influence of anions, such as chloride, on the photocatalytic
oxidation of dichloroethane, as anions inhibit the adsorption of dichloroethane to a TiO2
surface [13]. On the contrary, Makita et al. reported a positive influence of cations on the
decomposition rate of dye [14].

In this study, the influence of water salinity was examined using TiO2 and Ag/TiO2
membranes. Formic acid was used as a model organic compound in water as its degradation
process is simple and easy to follow [15,16]. Salinity in municipal wastewater can increase in
the coastal area due to the infiltration of seawater. To simulate the seawater contamination,
sodium chloride (NaCl) and magnesium sulfate (MgSO4) were used as salts. Magnesium
chloride (MgCl2) and potassium sulfate (K2SO4) were also used for comparison.

2. Materials and Methods

Porous flat discs were prepared using kaolin (ER, Caobar S.A., Guadalajara, Spain),
alumina (AR12B5, Aluminium Pechiney, Salindres, France), potato starch (Sigma Aldrich
Inc., St. Louis, MO, USA) and polyvinyl alcohol (PVA, Mowiol 4-88, Sigma Aldrich Inc.,
USA) as a ligand. After sintering the supports at 1673 K for four hours, XRD analysis
identified mullite, corundum, and cristobalite (Figure S1). TiO2 particles (P25, Evonik
Industries) were applied to the surface of the disc supports, having a 47 mm diameter. A
detailed procedure will be found elsewhere [15]. Then, silver was photochemically applied
to some of the prepared TiO2 membranes using a silver acetate solution of 0.01–1 mmol/L.
The concentration of silver in the immersed solution was measured by inductively coupled
plasma (ICP, SII Nano Technology Co. Ltd., Tokyo, Japan) before and after applying UV
light to the membrane. The amount of silver deposited on the TiO2 membranes was
calculated from the concentration decrease in silver ions in the solution and the weight
of the solution used. Three pieces of black lamps (Toshiba, maximum light emission at
352 nm) were used as the UV source and the light intensity was adjusted to 3.3 mW/cm2

by changing the distance between the membrane and the lamps. The light strength was
measured by a photometer (C10427H102428, Hamamatsu Photonics, Tsukuba, Japan).
Prepared TiO2 and Ag/TiO2 membranes were analyzed by scanning electron microscope
(FE-SEM, JSM-633F, JSM-7600FG, JEOL Ltd., Tokyo, Japan) and X-ray diffraction (XRD,
XRD-6100, SHIMADZU Co., Kyoto, Japan) with Cu-Kα radiation.

The photocatalytic activity of the obtained TiO2 and Ag/TiO2 membranes was eval-
uated by the decomposition of formic acid (Fujifilm Wako Pure Chemical Corporation,
Osaka, Japan) in water. Formic acid was used in this study. The flat disc-shaped membrane
was soaked in formic acid solution and kept under dark conditions for 20 min before
applying UV light with a light intensity of 3.3 mW/cm2 at room temperature. This light
intensity was used to simulate the UVA part of the sunlight [17]. The same black lamps
being used in the silver deposition were used as the UV light source in the photocatalytic
activity tests. Figure 1 illustrates the experimental setup. Humidity was not controlled nor
measured. The starting concentration of the formic acid solution was adjusted to 200 mg/L,
a concentration similar to other studies [15]. The concentration of the formic acid solu-
tions was measured using a UV–Vis spectrophotometer UV-1800 (Shimadzu, Columbia,
MD, USA) at a 205.6 nm wavelength. Calibration curves to determine the formic acid
concentration were prepared for each salt concentration.
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Figure 1. The experimental setup for photocatalytic formic acid decomposition.

Inorganic salts, NaCl, MgSO4, MgCl2, and K2SO4, were purchased from Fujifilm Wako
Pure Chemical Corporation, Japan, and dissolved into the formic acid solution at the
concentration of 0.6, 6, 60 mmol/L for NaCl, MgSO4 and K2SO4, and 0.3, 3, 30 mmol/L for
MgCl2. The maximum concentration of NaCl studied was about 1/10 of that in seawater.
After each test, the membranes were washed with water.

3. Results and Discussion
3.1. Influence of Silver Deposition

Figure 2 shows the membrane morphology. The surface of the porous ceramic disc
(Figure 2a) was completely covered with TiO2 particles (Figure 2b). The thickness of the
TiO2 layer was about 10–30 µm (Figure 2c). The variation is due to the large pores in the
ceramic disc, which were plugged by the TiO2 particles. Element mapping of the cross-
sectional view of the TiO2 membrane is shown in Figure S2. Al and Si mapping images
show a void in the flat support. The Ti mapping showed that such voids can be filled
with TiO2 particles applied to the surface. As a result, the surface of the TiO2 membrane
became smoother compared to the support surface (Figure 2a,b). The surface morphology
of the AgTiO2 membrane was similar to that of the TiO2 membrane. No peaks relating
to Ag or AgOx were found in the XRD pattern, probably due to its small amount and
size [18] (Figure S1). X-ray photoelectron spectroscopy (XPS) analyses showed that silver
was deposited as Ag0, Ag+, and Ag2+ (Figure S3).

The concentration of formic acid did not change in the dark, showing little influence
on the adsorption of formic acid on the membranes. On the contrary, the concentration
decreased when UV light was irradiated, as shown in Figure 3. The concentration at time t
(Ct) was normalized with the initial concentration (C0) in the figure. The results obtained
with a TiO2 membrane and four pieces of Ag/TiO2 membrane having different deposition
amounts of silver are shown in the same figure. The formic acid concentration became about
75% and 50% compared to the initial concentration after 80 min with TiO2 membrane and
Ag/TiO2 (AgT2) membrane, respectively. Silver deposition improved the photocatalytic
activity of the membrane. The membranes showed reproducible performance, as indicated
with smaller keys.
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The concentration change was fitted (lines in Figure 3) with the first-order equation
(Equation (1)) as reported earlier [16].

Ct/C0 = e−kt (1)

where k is a rate constant, and C0,t are the formic acid concentrations at the start and
at a time, t, respectively. The calculated rate constant values are summarized in Table 1.
Applying small amounts of silver to the TiO2 membranes improved the formic acid de-
composition rate as reported earlier, for it reduces the recombination of an electron-hole
pair that facilitates the formation of oxidants [16,19]. However, an optimum amount of
silver maximizes the rate constant. An excessive amount of silver may act as the center for
electron-hole recombination, which is considered to be one of the reasons for its negative
influence [20].

Table 1. Influence of silver on the rate constant values obtained in formic acid decomposition.

Membrane No. Mass of Silver (mg) k × 102 (min−1)
Coefficient of

Determination (R2)

TiO2 0 0.39 0.942
AgT1 0.03 0.57 0.962
AgT2 0.15 0.78 0.976
AgT3 0.37 0.50 0.963
AgT4 3.1 0.48 0.975

3.2. Effect of Salinity on the Photocatalytic Performance

The TiO2 membrane and the Ag/TiO2 (AgT2) membrane showing the fastest decom-
position rate were used to examine the influence of coexisting salts. Figure 4a,b show
the influence of adding different types of salts to the formic acid solution in which TiO2
and Ag/TiO2 membranes were immersed, respectively. The decomposition of formic acid
became slower when the salts were added to the solutions. For example, the decomposi-
tion rate became about half when 60 mmol/L NaCl coexisted in the formic acid solution
(Figure 4a). Adding 60 mmol/L NaCl and 30 mmol/L MgCl2 to the formic acid solutions
caused almost the same reduction in the decomposition rate for both TiO2 and Ag/TiO2
membranes. Adding MgSO4 and K2SO4 further hindered the formic acid decomposition.
Interestingly, the performances were recovered by washing the membranes with water
(open keys in the figure as control). These results suggest that anions, SO4

2− and Cl−,
inhibit formic acid decomposition. A similar reduction by the inorganic salts was observed
with TiO2 and Ag/TiO2 membranes prepared on alumina supports. Consequently, the
support materials seem to have a negligible influence on the effect of salts.

Figure 5 shows the influence of NaCl and MgSO4 concentrations on the rate constant
of formic acid decomposition. Adding MgSO4 to the formic acid solution reduced the
photocatalytic activity of both TiO2 and Ag/TiO2 membranes. The MgSO4 concentration
did not affect the decomposition rate. Both TiO2 and Ag/TiO2 membranes showed almost
the same rate constant when MgSO4 was added, showing no relevant enhancement of
depositing silver to the TiO2 membrane. A NaCl concentration greater than 6 mmol/L in
the solution hindered the decomposition of formic acid by the TiO2 membrane to the same
degree as MgSO4. On the contrary, NaCl addition showed less influence on the Ag/TiO2
membrane performance. The decomposition rate with the latter was higher compared
to that with the TiO2 membrane when membranes were applied in solutions of the same
NaCl concentration.
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Since chloride enhances silver dissolution [21], this process under experimental condi-
tions was checked. Membranes were prepared under the same conditions as for the AgT2
membrane in Table 1. The membranes were soaked in a 40 g solution for one hour and
the concentration of silver was measured by ICP. Silver dissolution was enhanced about
8 times in the NaCl-containing solution under dark conditions. The dissolution was almost
negligible under UV light (Table 2).

Table 2. Silver dissolution from Ag/TiO2 membrane in different solutions.

Solutions
Silver Concentration (mg/L)

Dark UV Irradiation

Formic acid 0.011 0.0038
Formic acid + NaCl 0.088 0.0037

Formic acid + MgSO4 0.015 0.0034
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Figure 6 shows the zeta potential of TiO2 (P25) particles and Ag/TiO2 particles mea-
sured using a Zetasizer Ultra (Malvern Instruments Ltd., Malvern, UK). HNO3 and NaOH
were used to adjust the pH of the solution. The Ag/TiO2 particles were prepared in the
same manner as for membrane preparation. The amount of silver on TiO2 particles, 0.89 and
8.9 mg Ag/g TiO2, were comparable to the membranes. For example, the AgT2 membrane
in Table 2 had a silver amount of ca. 2.5 mg Ag/g TiO2.
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The isoelectric point (IEP) of TiO2 was about 6.5, which is a value reported similarly
in [22]. The IEP value became smaller with silver deposition on TiO2. The difference
in the silver amount did not affect the IEP. The pH of the formic acid solution used to
evaluate the photocatalytic property of the membranes changed from ca. 3.1 to 3.3 during
the decomposition of the acid. Accordingly, the surface of both the TiO2 and Ag/TiO2
membranes was positively charged when immersed in the formic acid solution. The SO4

2−

and Cl− anions coexisting in the solution can adsorb on the membrane surface and may
hinder the photocatalytic reactions by hindering the adsorption of hydroxide to the surface
which reduces the formation of oxidants, for example.

4. Conclusions

Ag/TiO2 membranes were prepared by the photochemical deposition of silver on TiO2
membranes. A small amount of silver deposition improved the photocatalytic decomposi-
tion rate of formic acid dissolved in wastewater. The excessive addition of silver reduced
the decomposition rate. The largest enhancement was with 2.5 mg Ag/g TiO2. Salinity in
water reduced the decomposition property of both the TiO2 and Ag/TiO2 membranes, but
the membrane performance recovered by washing the membrane with water. The addition
of NaCl influenced the Ag/TiO2 membranes less than the TiO2 membranes. The reduction
in oxidation performance can be attributed to the anion adsorption on the membrane
surface, which is positively charged in a formic acid solution. Ag deposition on TiO2 shifts
the IEP value to lower pH, which may reduce the anion influence at around a pH of 6. The
zeta potential cannot explain the different influences of SO4

2− and Cl− on the Ag/TiO2 and
TiO2 membranes and further study is required to understand this mechanism. Even though
the decomposition rate became about half when using the coexisting salts, photocatalytic
membranes decomposed dissolved formic acid. The results suggest a wider application
potential of photocatalytic membranes.

7



Int. J. Environ. Res. Public Health 2022, 19, 15736

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/ijerph192315736/s1. Figure S1: XRD patterns (a) porous ceramic
disk, (b) TiO2 membrane and (c) AgTiO2 membrane; Figure S2: SEM-EDS images of AgTiO2 mem-
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Ti2p spectra, and (d) Ag3d spectrum of AgTiO2 membrane with fitting curves.
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Abstract: COD is an arbitrary indicator of the content of organic and inorganic compounds in
wastewater. The aim of this research was to determine the effect of COD of industrial wastewater on
the nitrification process. This research covered wastewater from acrylonitrile and styrene–butadiene
rubbers, emulsifiers, polyvinyl acetate, styrene, solvents (butyl acetate, ethyl acetate) and owipian®

(self-extinguishing polystyrene intended for expansion) production. The volume of the analyzed
wastewater reflected the active sludge load in the real biological treatment system. This research was
carried out by the method of short-term tests. The nitrification process was inhibited to the greatest
extent by wastewater from the production of acrylonitrile (approx. 51%) and styrene–butadiene
(approx. 60%) rubbers. In these wastewaters, nitrification inhibition occurred due to the high COD
load and the presence of inhibitors. Four-fold dilution of the samples resulted in a two-fold reduction
in the inhibition of nitrification. On the other hand, in the wastewater from the production of
emulsifiers and polyvinyl acetate, a two-fold reduction in COD (to the values of 226.4 mgO2·dm−3

and 329.8 mgO2·dm−3, respectively) resulted in a significant decrease in nitrification inhibition.
Wastewater from the production of styrene, solvents (butyl acetate, ethyl acetate) and owipian®

inhibited nitrification under the influence of strong inhibitors. Lowering the COD value of these
wastewaters did not significantly reduce the inhibition of nitrification.

Keywords: chemical wastewater; activated sludge nitrifiers; inhibition of nitrification

1. Introduction

Municipal and industrial wastewater is a carrier of many dangerous organisms and
substances, which include parasites and pathogenic organisms [1–3], toxic substances
and compounds disturbing the natural biological balance in treated sewage receivers by
increasing the saprobicity and eutrophication of these waters [4–6]. Such wastewater can
be neutralized by mechanical–biological or mechanical–biological–chemical methods of
treatment with the use of activated sludge. Effective detection of any disruptions and
instabilities in the processes taking place during wastewater treatment enables quick and
effective actions to be taken to eliminate them, thus ensuring safety for the environment
and human health [7–10].

The effectiveness of wastewater treatment by the activated sludge method depends
on the appropriate balance between the number of nitrifying and heterotrophic bacteria,
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among other factors [11]. The dominant group of microorganisms in the activated sludge
is determined by the quality and quantity of substrates contained in raw sewage and the
availability of nutrients [12]. Nitrification is the most sensitive part of biological nitro-
gen removal from wastewater, with autotrophic nitrifying biomass being about 10 times
more sensitive to inhibitory factors than its oxygen heterotrophic counterpart [13]. In the
nitrification process, chemolithoautotrophic nitrosobacteria of the genera Nitrosomonas,
Nitrosovibrio, Nitrosococcus, Nitrosospira and Nitrosolobus transform ammonium nitrogen to
nitrite [14,15]. Then, nitrites are oxidized to nitrates with the participation of nitrobacteria
of the genera Nitrobacter, Nitrospira, Nitrococcus and Nitrospina [16]. The critical nitrogen
removal step is initiated by the conversion of ammonia to nitrate by the nitrifying microor-
ganisms. Nitrification is considered to be a key step in biological wastewater treatment as
it converts the toxic ammonia into nitrates, which can be further converted by denitrifica-
tion into environmentally harmless gaseous forms of nitrogen. The nitrification process
is sensitive to the presence of toxic substances in the wastewater. This is of particular
importance in the case of industrial wastewater. These wastewaters, depending on the type
of industry, are characterized by a different quantitative, and especially qualitative, compo-
sition. Many chemical compounds in this wastewater can inhibit the nitrification process.
These compounds include, among others: butadiene, styrene, alkylbenzenesulfonic acid,
acetic acid, butylcatechol, tricresol, acetonitrile, alkyldimethylbenzylammonium chloride,
alkyldimethylbenzylammonium bromide and many other substances, which have been
widely documented in the literature. Many of these compounds are quaternary ammonium
compounds that found widespread use as disinfectants during COVID-19. They induce a
reduction in the intensity of nitrification or even put a complete stop to this process [17,18].

Inhibition of nitrification in industrial wastewater can be attributed to the presence
of compounds with hydrophobic properties, a high molecular weight and aromatic struc-
tures [19]. According to Pagg et al. [20], inhibition of nitrification depends on the level
of biodegradability of the potential inhibitory compound and is less severe in the case of
biodegradable substances. The biodegradability of wastewater may be indicated by the ra-
tio of COD to BOD5 [21]. In order to consider raw sewage as susceptible to biodegradation,
the value of the COD/BOD5 relationship, according to Siwiec et al. [22], Samudro et al. [23]
and Bader et al. [24], should be lower than 2.2 or even 2.0. On the other hand, the ratio
of the concentration of easily digestible organic compounds to the concentration of total
nitrogen and total phosphorus is decisive for the possible effectiveness of nutrient removal
from municipal wastewater [25].

The growth rate of nitrifying bacteria is influenced by temperature, substrate concentra-
tion, oxygen content, pH and the presence of toxic inhibitory compounds, i.e., inhibitors. In
a study conducted by Bawiec [26], free ammonia was a factor that inhibited the metabolism
of bacteria of the genus Nitrobacter. The amount of free ammonia in sewage depends on the
concentration of ammonium ions, temperature and pH of the sewage [5]. The production
of excessive ammonia nitrogen emissions is a common problem in many types of industrial
wastewater [19].

Heavy metals are considered to be very strong inhibitors of nitrification. The influence
of cadmium, copper and mercury on Nitrosomonas europaea in quasi-stationary batch reactors
is well-known [27]. Ouyang et al. [28] demonstrated in their research that the increased
concentration of Cu in wastewater inhibited the oxidation of ammonium nitrogen rather
than nitrite.

Inhibition of nitrification in mechanical–biological municipal and industrial wastew-
ater treatment plants may cause problems resulting from the non-conversion of the am-
monium form of nitrogen and thus a high concentration of this ion in the wastewater.
Inhibition problems may sometimes occur periodically, which makes it very difficult to
find the source of substances inhibiting the nitrification process [29]. The factor influencing
the inhibition of nitrification may also be excessive salinity of the wastewater. It causes
plasmolysis or a reduction in the activity of organisms. In the presence of salt, there is
a lower efficiency of biological nitrogen removal processes, including nitrification, and
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especially denitrification. According to Dincer and Karga [30], a salt concentration above 2%
causes a significant reduction in the efficiency of both nitrification and denitrification, and
the authors confirmed in their research that denitrification was more sensitive to salinity
than nitrification.

In the case of industrial wastewater from coking plants, although the activated sludge
process has been adapted to their treatment, nitrification is often disturbed by high concentra-
tions of chemical compounds, expressed in the COD value. Kim et al. [31] investigated the
inhibitory effect of ammonia, thiocyanate, iron cyanide, phenol and p-cresol on nitrification in
the activated sludge treatment technology. The authors showed that ammonia in a concen-
tration below 350 mg·dm−3 did not limit the substrate for nitrifying bacteria. On the other
hand, a concentration of thiocyanate above 200 mg·dm−3 significantly inhibited nitrification,
but iron cyanide with a concentration below 100 mg·dm−3 did not. Nitrification was also
inhibited by phenol with a concentration above 200 mg·dm−3 and p-cresol with a concen-
tration above 100 mg·dm−3. In the studies on the treatment of wastewater from chemical
production, carried out by Paśmionka and Gospodarek [17], it was found that the nitrification
process was inhibited to the greatest extent (72%) by wastewater from styrene–butadiene
rubber production. On the other hand, wastewater from the production of methacrylate
(polymethyl methacrylate) had the lowest degree of inhibition (16%). The investigated sewage
also had a toxic effect on the entire biocenosis and adversely affected the structure of activated
sludge flocs. According to Ge et al. [32], measuring the effect of potential inhibitors on the
nitrification rate is important for maintaining the appropriate efficiency and effectiveness
of mechanical–biological wastewater treatment plants. Juliastuti et al. [33], on the basis of
research carried out on industrial wastewater containing selected organic compounds, found
that the degree of nitrification inhibition was reduced by the compounds in the following
order: chlorobenzene > trichlorethylene > phenol > ethylbenzene. Chlorobenzene, even at the
level of 0.25 mg·dm−3, reduces the autotrophic biomass. The nitrification process is completely
inhibited by chlorobenzene at the concentration of 0.75 mg·dm−3. Trichlorethylene (TCE)
has a less inhibitory effect on the nitrification process. The increase to 50% of inhibition is
observed only at the concentration of 0.75 mg·dm−3 TCE. The nitrification process is com-
pletely inhibited at the concentration of 1 mg·dm−3 TCE. Phenol inhibits nitrification by 50%
at 3 mg·dm−3. The inhibitory effect of phenol is almost constant in the range of 4–10 mg·dm−3,
and the complete inhibition of this process is achieved at 50 mg·dm−3. The inhibitory effect
of ethylbenzene is 50% at 8 mg dm−3, and the autotrophic biomass is completely inactive
at 50 mg·dm−3. In a study by Park et al. [34], the effect of phenol on nitrification was as-
sessed. After 400 mg·dm−3 of phenol was added to the sewage, the NO3-N concentration
in the sewage outflow decreased from 69.24 and 51.24 mg·dm−3 to 1.89 and 1.51 mg·dm−3,
respectively, within 14 days. After lowering the phenol concentration to 60 mg·dm−3, the
efficiency of nitrification gradually increased.

The aim of this research was to determine the effect of the concentration of organic
and inorganic pollutants (expressed in COD value) in industrial wastewater on the degree
of inhibition of nitrification. The study covered wastewater from acrylonitrile and styrene–
butadiene rubbers, emulsifiers, polyvinyl acetate, styrene, solvents (butyl acetate, ethyl
acetate) and owipian® (self-extinguishing polystyrene intended for expansion) production.

2. Materials and Methods
2.1. Description of the Research Object

The research was conducted in the Municipal and Industrial Sewage Treatment Plant,
located in the city of Oświęcim in the Monowice district (50◦02′17.1′′ N 19◦19′13.8′′ E) in
Lesser Poland. The sewage treatment plant is supplied with municipal sewage from the city
and commune of Oświęcim as well as industrial sewage from the Synthos chemical plant.

The planned capacity of the sewage treatment plant is 53,400 m3·d−1, with industrial
sewage amounting to 26,400 m3·d−1, while municipal sewage amounts to 27,000 m3·d−1.
The facility’s technology is based on the processes of mechanical, chemical and biological
treatment of industrial and municipal wastewater, using the activated sludge method.
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Municipal and industrial wastewater is pretreated in separate technological lines consisting
of grates, sand traps, degreasers and primary sedimentation tanks. Its purpose is to separate
floating and dragged pollutants, sand, fats, organic suspension from sewage and to correct
the pH to a value that allows for their further biological treatment. Industrial wastewater is
additionally neutralized and coagulated in a mixer system. Pretreated wastewater streams
are mixed and directed to biological treatment. The biological treatment system uses an
anaerobic chamber, four aeration chambers, three secondary radial settling tanks, a blower
station and an activated sludge-pumping station. Wastewater treatment takes place in
two stages:

I. The first stage (anaerobic) is carried out in an anaerobic chamber to which sewage,
free of dissolved oxygen, is supplied. This stage guarantees the occurrence of favor-
able conditions conducive to the development of anaerobic organisms responsible
for the reduction processes.

II. The second stage (aerobic) takes place in aeration chambers equipped with agitators
and an installation for fine-bubble aeration with compressed air. The concentration
of dissolved oxygen in the aerobic chambers ranges from 1.5 to 2.5 mg·dm−3, which
favors the development of organisms responsible for the aerobic decomposition
of pollutants.

Treated sewage is separated from activated sludge in secondary radial settling tanks.
After the sedimentation process, the activated sludge is collected in the central hopper
of the secondary radial settling tank, from where it then flows into the chamber, from
which it is returned to the process as recirculated sludge or is pumped out as excess sludge.
The treated wastewater is collected through the overflow troughs on the outskirts of the
settling tanks, and from there it is discharged to the receiver, which is the Macocha stream,
a tributary of the Vistula.

Active sludge cultivated in the presence of pretreated industrial sewage from the
Synthos chemical plant, mixed with municipal sewage, was used in the conducted research.
Table 1 presents the average values of technological parameters of the activated sludge
used during the research.

Table 1. Technological parameters of the activated sludge used for the research at the Municipal and
Industrial Sewage Treatment Plant in Oświęcim.

Parameter Unit Value

temperature ◦C 14.6

oxygenation mgO2·dm−3 1.5–3

aeration time h 4–5

total suspension of the activated
sludge mg·dm−3 3200–5300

total suspension in activated
excess sludge mg·dm−3 6000–8000

increase in excess activated sludge m3·d−1 300–420

recirculation % in relation to the incoming sewage 95–120

dry mass of activated sludge % 1.69

age of the activated sludge d 13–14

load BOD5 kgBOD5·kgd.m.·d−1 0.13–0.28

2.2. Research Description

The tests were carried out in static conditions, during a four-hour aeration process of
properly prepared activated sludge and tested sewage. Wastewater from plants producing
individual organic compounds was analyzed. Before starting the tests, the activated sludge
(in the amount of 1 dm3) was centrifuged and then washed with an aqueous solution of
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sodium bicarbonate and ammonium sulfate. The thus-prepared pellet was diluted with
distilled water in the ratio 1:10 and centrifuged again. The activated sludge was suspended
in the appropriate volume of tap water in order to obtain the concentration required for
the tests. Then, the medium was prepared by dissolving 5.04 g of NaHCO3 and 2.64 g of
(NH4)2SO4 in 1 dm3 of distilled water. Further details are provided below:

(a) Control flask contents:

• Activated sludge: 125 cm3;
• Medium: 25 cm3;
• Distilled water: 100 cm3.

(b) Comparative flask contents:

• Activated sludge: 125 cm3;
• Medium: 25 cm3;
• Reference inhibitor, allylthiourea (ATU): 2.5 cm3;
• Distilled water: 97.5 cm3.

(c) Test flask contents:

• Activated sludge: 125 cm3;
• Medium: 25 cm3;
• Tested sewage in the amount of 25 cm3, 50 cm3, 75 cm3 and 100 cm3;
• Distilled water in the amount of 75 cm3, 50 cm3, 25 cm3 and 0 cm3 (according to

the amount of sewage tested).

The volume of the mixture in each flask was 250 cm3. The systems prepared in this
way were aerated for 4 h with moist, compressed air using VEB ELMET TYP Fp 09 pumps.
The concentration of dissolved oxygen in the systems was about 2 mg·dm−3. Immediately
after 4 h of aeration, a sample was taken from each flask, and the concentration of NH4-N,
NO2-N and NO3-N was determined after filtering. The test results are expressed as the
percentage of nitrification inhibition (IN), calculated in relation to the control flask and to
the flask with the comparative inhibitor, according to Formula (1):

%IN =
CC − CT
CC − CB

·100 (1)

in which:

CC—concentration of oxidized forms of nitrogen (NO2-N + NO3-N) in the control flask
after 4 h of aeration [mg·dm−3];
CT—concentration of oxidized forms of nitrogen (NO2-N + NO3-N) in the flask with the
tested sewage, after 4 h of aeration [mg·dm−3];
CB—concentration of oxidized forms of nitrogen (NO2-N + NO3-N) in a flask with a
comparative inhibitor (ATU) after 4 h of aeration [mg·dm−3].

Ahlstrom Munktell 389 filters were used to filter the samples.
The study used wastewater inhibiting the nitrification process to a degree higher

than 30.0%, coming from the production of styrene–butadiene and acrylonitrile rubbers,
styrene, solvents (butyl acetate, ethyl acetate), emulsifiers, polyvinyl acetate and owipian®.
Wastewater in the amount of 25 cm3, 50 cm3, 75 cm3 and 100 cm3 was used for the tests,
with a variable COD value.

2.3. Determination of NH4-N, NO2-N and NO3-N Concentrations

The concentrations of NH4-N, NO2-N and NO3-N were determined by the colorimetric
method using the CADAS 30S biochemical spectrophotometer (Dr Lange, The Nederland)
and appropriate cuvette tests. Measurements were made in triplicate.
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2.4. Calculation of the Nitrification Activity of the Activated Sludge and the Specific Rate
of Nitrification

The nitrifying activity of the activated sludge was calculated based on the differences
in the concentration of oxidized forms of nitrogen (NO3-N and NO2-N) in the control flask
and the flask with the comparative inhibitor, after 4 h of aeration, using Formula (2):

R =
CC − CB

MLVSS·4 (2)

in which:

R—nitrification activity of activated sludge [mg·g·h−1];
CC—concentration of oxidized forms of nitrogen (NO2-N + NO3-N) in the control flask
after 4 h of aeration [mg·dm−3];
CB—concentration of oxidized forms of nitrogen (NO2-N + NO3-N) in a flask with a
comparative inhibitor (ATU), after 4 h of aeration [mg·dm−3];
MLVSS—mixed liquor volatile suspended solids [mg·dm−3].

The specific rate of nitrification was determined on the basis of changes in NH4-N
concentration in the control flask and the flask with the comparative inhibitor, after 4 h of
aeration, according to Formula (3):

S =
C(NH4 − N)B − C(NH4 − N)C

MLVSS·4 (3)

in which:

S—specific rate of nitrification [mg·g·h−1];
C(NH4 − N)B—ammonium nitrogen concentration in a flask with a comparative inhibitor
(ATU) after 4 h of aeration [mg·dm−3];
C(NH4 − N)C—ammonium nitrogen concentration in the control flask, after 4 h of aeration
[mg·dm−3];
MLVSS—mixed liquor volatile suspended solids [mg·dm−3].

2.5. Verification of Measurement Data

Before the statistical analysis was performed, the measurement data were verified
with regard to outliers. In order to apply appropriate parametric or nonparametric tests of
outlier detection, at the beginning, the statistical distributions of individual observational
data strings were assessed. The COD values, expressed in mg·dm−3, and the values of the
nitrification inhibition parameter (IN), expressed in%, were analyzed. The normality of
individual data distributions was tested with the Shapiro–Wilk test. In the null hypothesis
H0 for this test, it was assumed that the given research sample comes from a normally
distributed population. The significance level for this test was assumed to be α = 0.05. The
results of the Shapiro–Wilk test for measurement data, including COD and IN values, are
presented in Table 2.

Since for each data string, the assumed significance level α = 0.05 is lower than the
calculated value of the test probability p-value, there is no reason to reject the null hypothesis
that the distribution of individual data is normal. The normality of the distribution of
measurement data allowed for the verification of outliers by applying the parametric Grubbs’
T-test. The calculations were performed with the statistical package Statistica v. 13.1 (StatSoft,
Tulsa, OK, USA). The results of the Grubbs’ T-test are summarized in Table 3.
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Table 2. The results of the assessment of the normality of the distribution of data including COD and
IN values (Shapiro–Wilk test).

Production Line
Shapiro–Wilk Normality Test

Results for COD
Shapiro–Wilk Normality

Test Results for IN

W α p-Value W α p-Value

acrylonitrile rubbers 1.000

0.05

1.000 0.808

0.05

0.133

styrene–butadiene
rubbers 1.000 1.000 0.987 0.785

emulsifiers 1.000 0.995 0.993 0.844

polyvinyl acetate 0.990 0.806 0.850 0.240

styrene 1.000 1.000 1.000 1.000

solvents (butyl
acetate, ethyl acetate) 1.000 0.999 0.986 0.774

owipian® 1.000 0.630 0.861 0.269
W—the value of the Shapiro–Wilk test statistic. α—significance level, 0.05. p-value—the value of the calculated
test probability.

Table 3. The results of the Grubbs’ T-test for the verification of outliers in the measurement series of
COD and IN values.

Production Line
Grubbs’ T-Test Results for COD Grubbs’ T-Test Results for IN

G α p-Value G α p-Value

acrylonitrile rubbers 1.000

0.05

1.000 1.152

0.05

0.133

styrene–butadiene
rubbers 1.000 1.000 1.059 0.785

emulsifiers 1.001 0.995 1.044 0.844

polyvinyl acetate 1.053 0.806 1.146 0.240

styrene 1.000 1.000 1.000 1.000

solvents (butyl acetate,
ethyl acetate) 1.000 0.999 1.061 0.774

owipian® 1.006 0.980 1.143 0.269
G—the value of Grubbs’ T-test statistic. α—significance level, 0.05. p-value—the value of the calculated test probability.

The data in Table 3 show that for each analyzed measurement data sequence, there
are no grounds to reject the null hypothesis H0 stating that there are no outliers in a given
data sequence.

2.6. Linear Regression Analysis

Statistical analysis of linear regression was used to determine the strength and direc-
tion of the impact of the COD value in industrial wastewater on the process of nitrification
inhibition. The independent variable in this analysis was the value of COD in the wastew-
ater, defined in mgO2 dm−3, while the dependent variable was the parameter IN, given
as a percentage, calculated according to Formula (1). The relationship between the tested
parameters in individual types of industrial wastewater is described by Equation (4):

IN = a·COD + b (4)

The parameters of the linear regression model were determined by the least-squares
method. The significance of the relationship between the analyzed variables, the signifi-
cance of the slope coefficient of the regression equation and the significance of the coefficient
of determination R2 were verified by the Fisher–Snedecor F-test. Statistical calculations,
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along with the verification and estimation of the parameters of the regression equation,
were performed with the Statistica v. 13.1 computer program (StatSoft, Tulsa, OK, USA).

3. Results

In studies conducted on wastewater from acrylonitrile and styrene–butadiene rubber
production, the inhibition of nitrification occurred due to the concentration of pollutants
(expressed in the COD value) contained in both wastewater samples and the presence
of inhibitors. In the wastewater from the production of acrylonitrile rubbers, a two-fold
reduction in the COD value resulted in a reduction in nitrification inhibition from 50.7% in
the initial sample to 19.8%. As the wastewater was diluted further, the inhibitory effect was
further reduced (Table 4).

Table 4. Influence of COD of industrial wastewater from acrylonitrile rubber production on the
nitrification inhibition in activated sludge under laboratory conditions.

Samples pH COD
(mgO2·dm−3)

Concentration NH4-N
(mg·dm−3)

Concentration NO3-N
(mg·dm−3)

% INBefore
Aeration

After 4 h of
Aeration

Before
Aeration

After 4 h of
Aeration

control 7.6 - 56.00 23.00 0.00 15.60 -
ATU 7.6 - 56.00 49.00 0.00 0.00 -
sewage 25 cm3 7.2 168.4 56.00 23.00 0.00 13.54 13.2
sewage 50 cm3 7.2 336.7 56.00 29.00 0.00 12.51 19.8
sewage 75 cm3 7.2 505.1 56.00 31.40 0.00 8.07 48.3
sewage 100 cm3 7.2 673.4 56.00 29.20 0.00 7.69 50.7

MLVSS—4.700 g·dm−3, R—0.45, S—0.75.

In the wastewater from styrene–butadiene rubber production, a four-fold dilution of
the initial sample with a COD of 627.2 mgO2·dm−3 caused only a two-fold reduction in
nitrification inhibition (from 59.8% to 28.6%). Therefore, it can be concluded that reducing
the concentration of pollutants in the tested sample to the COD value of 156.8 mgO2·dm−3

does not satisfactorily reduce the inhibition observed in the sample with the maximum
concentration of pollutants (Table 5).

Table 5. Influence of COD of industrial wastewater from styrene–butadiene rubber production on
the nitrification inhibition in activated sludge under laboratory conditions.

Samples pH COD
(mgO2·dm−3)

Concentration NH4-N
(mg·dm−3)

Concentration NO3-N
(mg·dm−3)

% IN
Before

Aeration
After 4 h of

Aeration
Before

Aeration
After 4 h of

Aeration

control 7.6 - 56.00 22.60 0.00 14.08 -
ATU 7.6 - 56.00 37.40 0.00 0.00 -
sewage 25 cm3 7.9 156.8 56.00 26.10 0.00 10.05 28.6
sewage 50 cm3 7.9 313.6 56.00 27.20 0.00 9.69 31.2
sewage 75 cm3 7.9 470.4 56.00 29.90 0.00 8.07 42.7
sewage 100 cm3 7.9 627.2 56.00 33.00 0.00 5.66 59.8

MLVSS—2.910 g·dm−3, R—1.21, S—1.27.

Tests conducted on wastewater from emulsifiers and polyvinyl acetate production
have shown that in this case, the nitrification process was limited by a high COD load.
However, even a two-fold dilution of this wastewater significantly reduced the degree
of inhibition, and its further dilution caused its gradual decrease. In the case of wastew-
ater from the production of emulsifiers, a two-fold reduction in COD (to the value of
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226.4 mgO2·dm−3) compared to the initial sample resulted in a decrease in nitrification
inhibition from 44.5% to 17.0% (Table 6).

Table 6. Influence of COD of industrial wastewater from emulsifiers production on the nitrification
inhibition in activated sludge under laboratory conditions.

Samples pH COD
(mgO2·dm−3)

Concentration NH4-N
(mg·dm−3)

Concentration NO3-N
(mg·dm−3)

% IN
Before

Aeration
After 4 h of

Aeration
Before

Aeration
After 4 h of

Aeration

control 7.6 - 56.00 22.60 0.00 14.08 -
ATU 7.6 - 56.00 37.40 0.00 0.00 -
sewage 25 cm3 7.5 113.2 56.00 29.10 0.00 12.06 14.3
sewage 50 cm3 7.5 226.4 56.00 30.70 0.00 11.69 17.0
sewage 75 cm3 7.5 339.0 56.00 32.80 0.00 10.02 28.8
sewage 100 cm3 7.5 452.6 56.00 35.00 0.00 7.82 44.5

MLVSS—2.910 g·dm−3, R—1.21, S—1.27.

In the wastewater from polyvinyl acetate production, a two-fold reduction in the COD
concentration (to the value of 329.8 mgO2·dm−3) resulted in a decrease in nitrification
inhibition from 38.9% to 16.1% (Table 7).

Table 7. Influence of COD of industrial wastewater from polyvinyl acetate production on the
nitrification inhibition in activated sludge under laboratory conditions.

Samples pH COD
(mgO2·dm−3)

Concentration NH4-N
(mg·dm−3)

Concentration NO3-N
(mg·dm−3)

% IN
Before

Aeration
After 4 h of

Aeration
Before

Aeration
After 4 h of

Aeration

control 7.6 - 56.00 22.60 0.00 14.08 -
ATU 7.6 - 56.00 37.40 0.00 0.00 -
sewage 25 cm3 7.7 164.9 56.00 23.30 0.00 12.25 13.0
sewage 50 cm3 7.7 329.8 56.00 25.30 0.00 11.81 16.1
sewage 75 cm3 7.7 494.6 56.00 25.40 0.00 11.38 19.2
sewage 100 cm3 7.7 730.0 56.00 16.00 0.00 8.60 38.9

MLVSS—2.910 g·dm−3, R—1.21, S—1.27.

Tests conducted on wastewater from styrene, solvents (butyl acetate, ethyl acetate) and
owipian® production indicate that the inhibition of the nitrification process was due to the
presence of a strong inhibitor or many inhibitors of this process in the tested wastewater. The
percentage of nitrification inhibition did not decrease with dilution of this wastewater, but
remained more or less constant (despite the continuous reduction in the COD value). In the
case of sewage from styrene production, the inhibition of nitrification in the initial sample
was slightly lower (45.1%, with a COD of 242.1 mgO2·dm−3), but after four-fold dilution, it
remained at a relatively high level, 37.5%, with a COD of only 60.5 mgO2·dm−3 (Table 8).

The four-fold dilution of wastewater from solvent (butyl acetate, ethyl acetate) pro-
duction, despite the decrease in COD from 491.6 mgO2·dm−3 to 122.9 mgO2·dm−3, did not
remove the inhibition effect. The degree of inhibition of the nitrification process remained
at the level of approx. 50.0%; thus, it was comparable to the initial sample (Table 9).
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Table 8. Influence of COD of industrial wastewater from styrene production on the nitrification
inhibition in activated sludge under laboratory conditions.

Samples pH COD
(mgO2·dm−3)

Concentration NH4-N
(mg·dm−3)

Concentration NO3-N
(mg·dm−3)

% IN
Before

Aeration
After 4 h of

Aeration
Before

Aeration
After 4 h of

Aeration

control 7.6 - 56.00 21.30 0.00 12.96 -
ATU 7.6 - 56.00 48.90 0.00 0.73 -
sewage 25 cm3 7.4 60.5 56.00 29.70 0.00 8.51 37.5
sewage 50 cm3 7.4 121.1 56.00 30.16 0.00 8.32 39.1
sewage 75 cm3 7.4 181.6 56.00 30.48 0.00 7.96 42.1
sewage 100 cm3 7.4 242.1 56.00 32.19 0.00 7.61 45.1

MLVSS—5.880 g·dm−3, R—0.52, S—1.17.

Table 9. Influence of COD of industrial wastewater from solvent (butyl acetate, ethyl acetate)
production on the nitrification inhibition in activated sludge under laboratory conditions.

Samples pH COD
(mgO2·dm−3)

Concentration NH4-N
(mg·dm−3)

Concentration NO3-N
(mg·dm−3)

% IN
Before

Aeration
After 4 h of

Aeration
Before

Aeration
After 4 h of

Aeration

control 7.6 - 56.00 22.60 0.00 14.08 -
ATU 7.6 - 56.00 37.40 0.00 0.00 -
sewage 25 cm3 7.5 122.9 56.00 25.70 0.00 7.05 49.9
sewage 50 cm3 7.5 245.6 56.00 27.20 0.00 6.99 50.4
sewage 75 cm3 7.5 368.7 56.00 27.70 0.00 6.61 53.1
sewage 100 cm3 7.5 491.6 56.00 28.20 0.00 6.03 57.2

MLVSS—2.910 g·dm−3, R—1.21, S—1.27.

A similar result was obtained when testing industrial wastewater from owipian®

production. The reduction in the concentration of organic pollutants in the form of COD
from 621.3 mgO2·dm−3 to 155.3 mgO2·dm−3 did not reduce the inhibition of nitrification,
which still amounted to approx. 50.0% (Table 10).

Table 10. Influence of COD of industrial wastewater from owipian® production on the nitrification
inhibition in activated sludge under laboratory conditions.

Samples pH
COD

(mgO2·dm−3)

Concentration NH4-N
(mg·dm−3)

Concentration NO3-N
(mg·dm−3)

% IN
Before

Aeration
After 4 h of

Aeration
Before

Aeration
After 4 h of

Aeration

control 7.6 - 56.00 21.30 0.00 12.96 -
ATU 7.6 - 56.00 48.90 0.00 0.73 -
sewage 25 cm3 7.2 155.3 56.00 25.46 0.00 6.92 49.4
sewage 50 cm3 7.2 316.1 56.00 26.97 0.00 6.37 53.9
sewage 75 cm3 7.2 466.0 56.00 28.24 0.00 6.03 56.7
sewage 100 cm3 7.2 621.3 56.00 31.72 0.00 5.96 57.2

MLVSS—5.880 g·dm−3, R—0.52, S—1.17.

Regression analysis was used to test and statistically confirm the relationship between
the COD values in individual industrial wastewaters and the IN parameter. Figure 1
shows the scatterplots of measurement data determined from laboratory tests against the
regression lines calculated using the least-squares method.
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Figure 1. Scatterplots of measurement data from laboratory tests against established regression
lines: (a) wastewater from acrylonitrile rubber production; (b) wastewater from styrene–butadiene
rubber production; (c) wastewater from emulsifier production; (d) wastewater from polyvinyl acetate
production; (e) wastewater from styrene production; (f) wastewater from solvent (butyl acetate, ethyl
acetate) production; (g) wastewater from owipian® production.

The results of the calculations of the individual parameters of the regression line are
summarized in Table 11. The p-value is marked in red, which indicates the statistical
irrelevance of most often one of the coefficients of the equation for the significance level of
0.05. Although regression models describing the dependence of COD and IN in wastewater
from acrylonitrile rubbers, polyvinyl acetate and owipian® production are not statistically
certain, high values of R and R2 confirm a strong correlation between the parameters
studied. Additionally, it is worth noting that the greatest statistical uncertainty of the
regression model was found to be 6.8% for industrial wastewater from the production of
polyvinyl acetate, with the assumed uncertainty level of 5.0%. It follows that the regression
line describes 93.2% of the measurement data. The deviation from the assumed materiality
level is only 1.8%.
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Table 11. Summary of statistical parameters of the linear regression analysis assessing the effect of
COD in industrial wastewater on the nitrification inhibition.

Production Line Equation Parameter Value R R2 F p-Value

acrylonitrile rubbers a = 0.0838
0.945 0.893 16.634 0.055b = −2.256

styrene–butadiene rubbers a = 0.0670
0.955 0.912 20.800 0.044b = 14.300

emulsifiers
a = 0.0906

0.961 0.924 24.144 0.039b = 0.537

polyvinyl acetate a = 0.0450
0.931 0.867 13.013 0.068b = 2.425

styrene a = 0.0430
0.991 0.983 112.510 0.009b = 34.500

solvents (butyl acetate, ethyl acetate) a = 0.0200
0.950 0.903 18.546 0.049b = 46.501

owipian® a = 0.0170
0.948 0.900 17.895 0.052b = 47.689

a—the value of the directional coefficient of the regression equation, b—value of the intercept of the regression
equation, R—value of the correlation coefficient between the analyzed variables, R2—value of the determination
coefficient, F—the value of the Fisher–Snedecor F statistics, jointly verifying the significance of the relationship
between the analyzed variables, the significance of the slope coefficient of the regression equation and the
significance of the determination coefficient R2, p-value—the value of the calculated test probability for the F-test.

Values of the slope of the regression line “a” in the second column of Table 11 indicate
the strength of the influence of COD on the value of the IN parameter. This relationship is
presented graphically in Figure 2. The individual bars of the graph show by what percent
the inhibition of nitrification will decrease, expressed by the value of the IN parameter as a
percentage, when the COD value in industrial wastewater drops by 100 mgO2·dm−3. The
presented dependence shows that the pollutants expressed by the COD value most strongly
inhibit the nitrification process during the production of emulsifiers and acrylonitrile
rubbers, and inhibit it the least during the production of owipian® and solvents.
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Figure 2. Percentage reduction in nitrification inhibition while reducing the COD value in industrial
wastewater by 100 mgO2·dm−3.

Figure 3 presents the course of the regression lines showing the effect of COD values
in industrial wastewater on the inhibition of nitrification expressed by the value of the
IN parameter. The presented dependencies indicate that during the production of acry-
lonitrile rubbers, polyvinyl acetate and emulsifiers, the inhibition of nitrification decreases
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proportionally with the decrease in the COD value in the wastewater. At very low COD
values, the nitrification inhibition process stops. On the other hand, in the case of the
production of solvents (butyl acetate, ethyl acetate), with a complete reduction in COD, the
inhibition remains constant at 49.9%, and similarly, it remains at 49.4% in the case of the
production of owipian® and 37.5% in the production of styrene. It can be concluded from
these values that the substances inhibiting the nitrification process are not directly related
to the pollutants included in the COD group. These are probably the inhibitory substances
found in the tested wastewater.
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Figure 3. The course of the regression line showing the effect of the COD value in industrial
wastewater on the nitrification inhibition expressed by the value of the IN parameter.

4. Discussion

The constantly developing chemical industry affects the degradation of the natural
environment, the protection of which requires large financial outlays related to the necessity
of neutralizing the resulting wastewater. Pretreated wastewater from production plants is
usually directed to a mechanical and biological wastewater treatment plant [35]. Despite
pretreatment, this sewage contains numerous organic and inorganic compounds, the
concentration of which expresses the COD value. High COD values have a negative impact
on purification processes, including nitrification, which was confirmed by our research.
COD values exceeding 400 mgO2·dm−3 caused nitrification inhibition above 50%. COD
values below 200 mgO2·dm−3 only slightly reduced the efficiency of this process, with
the exception of sewage from the production of styrene, solvents (butyl acetate, ethyl
acetate) and owipian®. In this case, it is likely the factors limiting nitrification were the
inhibitors present in the tested chemical sewage. It is also possible that this effect was
increased by numerous disinfecting compounds present in municipal wastewater, used
during COVID-19 [36].

According to the literature data, the amount of nitrogen removed from the system in
the form of biomass ranges from 20 to 30% [12]. These data, however, are not reflected in
the biological system of the Municipal and Industrial Sewage Treatment Plant in Oświęcim,
in which the amount of nitrogen removed from the system as a result of assimilation is only
12.4% [5]. It should be emphasized that the proportion of carbon to nitrogen incorporated
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in the biomass in this system is 31:1, which corresponds to the average values given in the
available literature. This proves that carbon is not a limiting factor, as the minimum C:N
demand ranges from 10:1 to 17:1 [12,21,25]. Limiting the sludge growth and the related
decrease in the intensity of nitrification, as observed in our research, is most often the
response of activated sludge to dynamic changes in the external environment, which are
the cause of a long process of biochemical and physical adaptation in microorganisms,
which was also observed by Rahimi et al. [37].

Significant factors limiting or even preventing the course of nitrification in the bi-
ological treatment system of the Municipal and Industrial Sewage Treatment Plant in
Oświęcim are inhibitors flowing in with industrial sewage and high COD values. The
list of organic and inorganic compounds having a negative effect on nitrifying bacteria
is very long and includes a number of substances for which the degree of inhibition has
been determined [6,13,17,19,20]. Most of these compounds were present in the sewage we
analyzed. These substances are much more toxic to nitrifying bacteria than activated sludge
heterotrophs. Most industrial wastewater contains various compounds, which, alone or in
a mixture, have an inhibitory effect on nitrification [29].

As part of this study, the degree of nitrification inhibition under the influence of
various concentrations of chemical pollutants (determined by the COD value) present in
selected industrial wastewater was assessed. The research was carried out to determine the
COD value in postproduction wastewater, which inhibited the nitrification process. The
obtained results clearly show that the high concentration of organic pollutants in most of
the tested wastewater was one of the main reasons for a significant reduction in nitrification.
This is evidenced by the results obtained during the testing of wastewater from acrylonitrile
and styrene–butadiene rubbers, styrene, solvents (butyl acetate, ethyl acetate) and owipian®

production. In the tested sewage, sometimes even a four-fold reduction in the concentration
of organic pollutants, expressed in the form of COD, did not satisfactorily eliminate the
inhibition process. Similar observations were made by Samudro et al. [23], who examined
industrial wastewater from the production of urea, urea–formaldehyde adhesives, butanol,
2-ethylhexanol, maleic and phthalic anhydride and adhesive resins.

The conducted research showed that in the biological wastewater treatment system at
the Municipal and Industrial Wastewater Treatment Plant in Oświęcim, the nitrification
process is clearly disturbed by high COD values and the presence of inhibitory substances
in the incoming wastewater.

The diversified production profile in the chemical industry hinders the proper opera-
tion of mechanical and biological wastewater treatment plants. In such plants, the amount
and composition of sewage as well as the concentration of organic pollutants expressed in
the COD value are subject to continuous fluctuations [38,39]. The biocenosis of activated
sludge is sensitive to chemical substances [40]; therefore, treatment plants have difficulties
in removing toxins and minimizing the concentration of organic pollutants in the incoming
sewage [41,42]. This inhibits many processes, including nitrification, which was observed
at the WWTP in Oświęcim.

5. Conclusions

Industrial wastewater contains numerous chemicals, including toxic ones, which sig-
nificantly contribute to the inhibition of the nitrification process. In the Municipal and
Industrial Wastewater Treatment Plant in Oświęcim, the most dangerous industrial wastew-
ater comes from the production of acrylonitrile and styrene–butadiene rubbers, emulsifiers,
polyvinyl acetate, styrene, solvents (butyl acetate, ethyl acetate) and owipian®. The main
reason for the low efficiency of the nitrification process at the WWTP in Oświęcim is the
concentration of organic pollutants present in the sewage and the presence of inhibitors.
COD values exceeding 400 mgO2·dm−3 caused nitrification inhibition above 50%. COD
values below 200 mgO2·dm−3 only slightly reduced the efficiency of this process, with
the exception of sewage from the production of styrene, solvents (butyl acetate, ethyl
acetate) and owipian®. Diluting industrial wastewater with municipal wastewater at a
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ratio of 1:3, or even 1:1, has a positive effect on the treatment processes, but still does not
guarantee the elimination of nitrification inhibition. At present, industrial wastewater
destined for biological treatment is mixed with municipal wastewater in a proportion of
2:1 or even 3:1, and it is not possible to dilute it further, due to the insufficient volume of
available municipal wastewater. Only a clear advantage of typical domestic sewage in the
system would allow for a partial reduction in nitrification inhibition. Nitrifying bacteria
present in the activated sludge of the WWTP in Oświęcim are subject to the phenomenon
of chronic stress. This is evidenced by the lower nitrification activity of activated sludge
than in the literature, which in the period studied was on average about 1.0 mg·g·h−1 of
oxidized nitrogen. It should be emphasized, however, that under favorable conditions, this
activity is sufficient to maintain the parameters of the water-legal permit for the removal of
ammoniacal nitrogen from wastewater.
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Abstract: The operational costs of wastewater treatment plants (WWTPs) are mainly driven by
electric power consumption, making the energy-efficient operation an all-time present target for
engineers and operators. A well known approach to reduce the demand for purchased electricity
is the operation of an anaerobic sludge stabilisation process. Although anaerobic digesters make it
possible to recover large quantities of energy-rich methane gas, additional strategies are required
to handle the increased internal return flow of nitrogen, which arises with the sludge dewatering
effluent (SDE). SDE treatment increases the oxygen demand and in turn the energy required for
aeration. In this study, different SDE treatment processes were compared with regard to the treatment
in mainstream, sidestream nitritation, as well as nitritation combined with anammox for two-stage
and single-stage WWTPs. Although SDE treatment in sidestream nitritation was found to have no
effect on the energy demand of single-stage WWTPs, this concept allows the treatment capacity in
the activated sludge tank to be raised, while contributing to a high nitrogen removal under carbon
limitation. In contrast, SDE sidestream treatment showed great potential for saving energy at two-
stage WWTPs, whereby sidestream nitritation and the further treatment in the first stage was found
to be the most efficient concept, with a savings of approx. 11% of the aeration energy.

Keywords: energy efficiency; SDE treatment; nitritation; two-stage WWTP

1. Introduction
1.1. Energy Assessment

Wastewater treatment includes different cleaning steps that in total require a consider-
able amount of energy. Wastewater treatment plant (WWTP) concepts usually encompass
a mechanical treatment by screens, grit removal, and primary sedimentation to remove
particular and organic matter. The subsequent biological treatment serves to remove sol-
uble substances by microbial conversion. Especially the biological treatment is highly
energy-intensive, since aeration is required to cover the oxygen demand of the bacteria
involved. The energy consumption of WWTPs has been intensively analysed in recent years.
Studies from different European countries reveal that the electricity consumption required
for wastewater treatment can make up 1.0% of the regional energy consumption [1,2] with
a specific energy demand of usually around 0.5 kWh/m3 wastewater [2,3]. The energy
demand depends mainly on the treatment concept and the organic load, normally analysed
as chemical oxygen demand (COD). In European countries, the daily amount of COD that
is emitted to the sewer system ranges between 100 and 120 g COD/(PE·d). By consid-
ering a calorific value of 14 kJ/g COD [4], the energy potential of the organic material
in wastewater can be calculated with 140 to 170 kWh/(PE·a). In contrast, the average
energy consumption for WWTPs larger than 50,000 PE was found to be 30 kWh/(PE·a) [5],
indicating that municipal wastewater contains significantly more energy in the form of
organic matter than required for its treatment.

The energy demand for wastewater treatment with activated sludge is mainly driven
by the sludge retention time (SRT) and the type of aeration system, whereby the energy
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required for the aeration can make up 60% of the total energy demand of a plant [6,7].
Moreover, the energy demand correlates with the inflow load and sludge production [8].
Figure 1 shows the proportion of the oxygen utilisation required for carbon removal (OUC)
and the amount of carbon that is incorporated into the excess sludge (CODES) in correlation
to the SRT. The curves by Svardal and Kroiss [4] are based on full-scale experiences that
agree with simulation results by Henze et al. [9] and can be derived from the design
guideline DWA-A 131 [10]. Figure 1 illustrates that a high SRT is linked to an increased
oxygen demand and a lower transfer of carbon to the excess sludge. Since the SRT for
WWTPs with aerobic sludge stabilisation is prescribed with 25 d [10], the energy demand
for aeration of these plants is clearly increased compared with WWTPs with anaerobic
digesters. Anaerobic sludge stabilisation provides a more energy-efficient operation, since
this process allows a lower SRT (meaning a lower oxygen demand) for the activated sludge
tank. SRTs for WWTPs with anaerobic digesters are mostly between 12 and 14 d, whereby in
that range approx. 60% of the COD is oxidised and 40% of the COD is incorporated into the
excess sludge and supplied to the digester. WWTP concepts with digesters usually include
primary settlers to gain a primary sludge rich in organic matter. Organic compounds of the
primary and the excess sludge (hereinafter referred to as raw sludge) are degraded in the
digester to energy-rich biogas. The conversion of the methane gained into energy by using
combined heat and power plants (CHP) minimises the electric power purchased, making
the anaerobic process a cost-effective stabilisation strategy for large-scale WWTPs.
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1.2. SDE Treatment Concepts

The biodegradation of raw sludge leads to the release of the incorporated nitrogen and
in turn to high ammonium levels in the sludge dewatering effluent (SDE). NH4-N levels in
SDE are usually above 1000 mg/L. Since the nitrogen load in SDE can make up 20% of the
incoming load, it is of high relevance to evaluate different SDE treatment concepts that can
be realised on an individual WWTP.

SDE can be treated in mainstream or sidestream, i.e., directly in the activated sludge
tank or in a separate tank, before it is recycled to the mainstream. Some plant concepts
include a buffer tank that allows the storage and transfer of SDE into the activated sludge
tank avoiding nitrogen peak loading. If there is no storage tank available, the SDE is directly
returned to the activated sludge tank, where it increases the oxygen and energy demand
for the aeration system significantly. The construction of dedicated treatment tanks for SDE
represents an essential measure to relieve the aeration system in the biological stage and to
create additional treatment capacities. A main benefit of a sidestream SDE treatment is an
improved denitrification process due to a better nitrogen to carbon ratio. Since the amount
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of oxidised carbon is linked to the aerated tank volume, more readily biodegradable carbon
is available for denitrification under lower oxygen supply. A side-effect of a reduced COD
respiration under anoxic conditions is an increased adsorption of carbon to the excess
sludge, which in turn raises the biogas yield during digestion. Depending on the type of
SDE treatment applied in sidestream, the N to COD ratio in the influent of the mainstream
tank can be also reduced in favour of denitrification.

Biological mainstream or sidestream treatment options for nitrogen rich SDE are, e.g.,
nitrification/denitrification [11]; nitritation/denitritation [12]; or more specific processes
such as deammonification (anammox) [13,14]. The following section briefly summarises
the microbial processes involved in different SDE treatment concepts.

1.2.1. Nitrification and Denitrification

Nitrification is a two-step conversion process of ammonium to nitrate. The first step of
nitrification is the conversion of ammonium to nitrite (nitritation) by ammonium-oxidising
bacteria (AOB). Nitrite-oxidising bacteria (NOB) are responsible for the further oxidation
of nitrite to nitrate (nitratation). The oxygen demand for full nitrification (nitritation and
nitratation) amounts to 4.57 g O2/g NO3-N. Taking into account the biomass growth, the
actual oxygen demand for nitrification amounts to 4.33 g O2/g NO3-N. Nitrification and
denitrification are the conventional nitrogen removal concepts realised in the activated
sludge tank (mainstream).

1.2.2. Nitritation and Denitritation

SDE sidestream nitritation relies on the conversion of ammonium only to nitrite,
whereby denitritation is usually performed in mainstream. Due to a lower oxygen demand
for nitritation (3.25 g O2/g NO2-N), the required energy demand for aeration is approx. 25%
lower than for nitrification. However, the pre-treatment by nitritation provides less oxygen
in the form of nitrite for carbon removal under anoxic conditions in mainstream. Nitritation
without a further conversion to nitrate can be achieved by suppressing NOBs, which are
known to be more sensitive to high ammonium levels (free ammonia) and temperatures
than the AOBs [15,16]. However, to avoid AOB inhibition due to free ammonia, the NH4-N
levels should not exceed 200 mg/L [17]. The conversion of ammonium to nitrite is limited
by the alkalinity; thus, only 55% of the incoming ammonium can be converted to nitrite. The
pre-treated SDE is returned to the mainstream for the further nitrification of the remaining
ammonium and the denitritation of nitrite by heterotrophic bacteria. In this connection, the
COD demand for denitritation is approx. 40% lower compared with that for denitrification.
Full-scale applications show that nitritation is characterised by a stable process control and
low maintenance [18,19].

1.2.3. Nitritation and Deammonification

In addition to conventional nitrogen removal, some bacteria are capable of an anaerobic
ammonia oxidation. These so-called anammox bacteria require an optimal proportion of
ammonium and nitrite. For that reason, the anammox process is linked to a preceding
nitritation under aerobic conditions. In a second step, ammonium and nitrite are converted
directly into nitrogen without the need of an organic carbon source. The following equation
shows the anammox process according to Strous et al. [20].

NH4
+ + 1.32NO2

− + 0.06HCO3
− + 0.13H+ → 1.02N2 + 0.26NO3

− + 0.066CH2O0.5N0.15 + 2.03H2O

The oxygen demand for the pre-treatment via nitritation and deammonification is
only 1.93 g O2/g N and thus much lower compared with that for nitrification or nitritation.
Moreover, the carbon demand is negligible, making the process attractive for WWTPs with
low carbon availability or for technologies aiming for a target COD recovery such as mi-
crosieves. However, since anammox bacteria are more sensitive to environmental changes
and own longer growth rates, the operation of anammox reactors requires special attention
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to the retention of the biomass. Operational strategies for full-scale deammonification of
dewatering liquors are described by Refs. [21,22].

Table 1 summarises the oxygen demand and oxygen utilisation for carbon removal of
the SDE treatment processes considered.

Table 1. Oxygen demand and oxygen utilisation for carbon removal for denitrification (OUDN).

SDE Treatment Concepts Oxygen Demand
(g O2/g N)

OUDN for TN Removal
(g O2/g N)

Total
(g O2/g N)

nitrification/denitrification 4.33 2.86 ~1.5

nitritation/denitritation 3.74 2.23 ~1.5

nitritation/anammox 1.93 0.40 ~1.5

1.3. Two-Stage WWTP Design

Although most municipal WWTPs are designed as single-stage, several WWTPs are
operated as two-stage activated sludge plants. The two-stage plant design relates primarily
to the A/B process, which aims to separate carbon and nitrogen removal [23]. Organic
carbon is partially removed in a high loaded first stage, whereby the nitrogen removal
occurs mainly in the second stage. The first activated sludge tank is generally designed for
carbon removal with SRTs in the range of 1 to 5 d. Due to this low SRT, most of the COD
is transferred to excess sludge (55% to 60%), resulting in low oxygen consumption. The
excess sludge with a high amount of biodegradable carbon ensures an increased methane
yield as well as energy production, which contributes towards energy self-sufficiency.
The second stage is generally designed for nitrogen removal (nitrification/denitrification)
with a higher SRT. Although there is a stable operation reported for the A/B process,
an unfavorable N/COD ratio could result in a lack of carbon for denitrification in the
second stage. With the aim of overcoming carbon limitation in the second stage, a further
development of the two-stage plant design resulted in the hybrid process. This concept
relates to a sidestream that can be bypassed from the influent to the second stage in order
to avoid carbon limitation and to ensure excellent nitrogen removal [24]. Generally, the
operation of two-stage WWTPs is more stable, since the different organic loading rates in
the activated sludge tanks can suppress the growth of filaments. A stable two-stage WWTP
operation is reported for many large-scale plants (e.g., WWTP Vienna 4.0 Mio. PE; WWTP
Munich I+II 3.0 Mio. PE; WWTP Frankfurt Niederrad 1.35 Mio. PE; WWTP Salzburg
Siggerwiesen 680,000 PE).

The literature study indicates that there are different technologies available to treat
SDE, whereby the concepts were found to affect the energy balance of a plant. Although
the treatment concepts are described in earlier publications, there is so far no comparison
of SDE treatment concepts available that considers municipal single- and two-stage plant
design. However, from an energetic point of view, the optimal SDE treatment concept has
a considerable effect on the energy demand and the operational costs. Especially large
WWTPs that are often designed as two-stage plants have great potential to save energy.
This paper offers valuable advice for planners and operators to decide on the most suitable
SDE treatment concept. The study provides a helpful approach that can be applied for an
individual plant to calculate an expected energy demand and sludge production.

2. Materials and Methods
2.1. SDE Treatment Scenarios

Different SDE treatment options were evaluated and compared by generating COD
and N balances. Table 2 summarises the scenarios considered. Further SDE treatment
concepts such as physical processes (e.g., ammonia stripping) or chemical processes (e.g.,
precipitation of magnesium-ammonium-phosphate) were not considered within this work.
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Table 2. Scenarios for the SDE treatment in single- and two-stage WWTPs.

Scenario Plant Concept Sidestream Mainstream

1 single-stage - nitrification/denitrification

2 single-stage nitritation denitritation

3 single-stage nitritation/anammox -

4 two-stage - nitrification/denitrification

5 two-stage nitritation denitritation in 1st stage

6 two-stage nitritation/anammox -

Further assumptions concern the microbial conversion within the different treatment
processes. The conversion of ammonium in SDE sidestream is limited by the alkalinity,
whereby the effluent after nitritation usually consists of 55% nitrite and 45% ammonium. In
the case of nitritation and anammox, 89% of the treated ammonium is converted to nitrogen
(N2), 8% to nitrate and approx. 3% remain as ammonium in the pre-treated SDE. The total
COD and nitrogen (TN) removal were assumed to be 95 and 80%. NH4-N removal was
calculated with 100%.

2.2. COD and N Balances

Mass balances are well-known approaches to illustrate differences in the mass flow
of a system. Figure 2 shows the COD and N mass balances for the single-stage WWTP
concept. The following calculations are based on specific data for municipal WWTPs. The
first assumption concerns the inflow loads, which are defined as 120 g COD/(PE·d) and
8 g N/(PE·d). This specific nitrogen load is common for WWTPs > 10,000 PE [25]. All mass
balances consider a total nitrogen removal rate of 80%, which corresponds to an effluent
load of 1.6 g N/(PE d). COD removal was calculated as 95%. COD and N loads that do
not end up in the effluent must be removed by oxidation processes, biomass growth, or
methane production.
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Figure 2. COD and N balances for single-stage activated sludge tanks.

The mechanical treatment step by primary sedimentation considers a COD and N
removal of 30% and 10%, which end up in the primary sludge treated afterwards in the
digester. Since the removal rate during primary sedimentation is independent of the SDE
treatment concept, the COD and N loads to the digester and activated sludge tank (AST)
are the same for all scenarios considered. The same applies to the excess sludge production
during biological treatment, since all scenarios are based on a COD inflow load of 84 g
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COD/(PE·d) and a SRT of 15 d. During biomass growth, approx. 7% of the removed COD
is incorporated as nitrogen into the biomass [10].

The primary and excess sludge are treated in anaerobic digesters, whereby the output
after digestion was assumed to be 30 g COD/(PE·d) and 1.8 g N/(PE·d), according to the
experience at real plants (especially in Austria and Germany) and to modelling results [26].
The methane produced during digestion is converted by CHP with an electrical efficiency
in the range of 30% to 40% (3 kWhel/m3 CH4). For this study, the CHP efficiency was
assumed to be 30%.

Incorporated nitrogen is released during digestion. Since the anaerobic degradation
is the same, the nitrogen load in SDE is similar. Differences appear for the nitrogen load
returned to the activated sludge tank, which depend on the applied SDE treatment concept.
Thus, the energy demand for nitrification is driven by the nitrogen load after SDE treatment.

Figure 3 shows the COD and N mass balances for the two-stage WWTP concept. The
same inflow loads were considered as for the single-stage design. However, there are
differences with regard to the first-stage and the excess sludge production. COD removal in
the first stage was calculated with 60%. Thus, the COD load to the second stage was 33.6 g
COD/(PE·d) for all scenarios considered. In this context, the excess sludge produced in the
activated sludge tank as well as the incorporated nitrogen resulted in the same amount.
SRT in the first stage was defined to be 5 d. Since the biomass yield depends on the sludge
retention time, the proportion of COD transferred into excess sludge accounts for 60% and
40% for oxidation (Figure 1). The amount of already oxidised nitrite or nitrate returned
from SDE treatment to the first-stage reduces the COD load that has to be oxidised and in
turn the aeration energy required. Thus, there appeared differences in the energy demand
for aeration in the first and second stage.
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Figure 3. COD and N balances for two-stage activated sludge tanks.

2.3. Further Assumptions

The energy demand for the biological stage is linked to the efficiency of the aeration
system. For tapwater, the standard aeration efficiency (SAE) of fine-bubble aeration systems
is usually between 3.0 and 4.0 kg O2/kWh [27]. The SAE in wastewater is well below this
value and depends on different factors, e.g., aeration system, dissolved salts, detergents,
reactor configuration, dry solid content, and SRT [28]. The α-factor is the ratio of the
oxygen transfer into tapwater to the oxygen transfer into wastewater and a relevant design
parameter for aeration systems. The α-factor should be considered carefully for the different
treatment tanks, since it determines the energy demand for aeration. The main parameter
affecting the α-factor seems to be the SRT, which is directly associated with the biomass
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concentration in the activated sludge tank [29]. Frey [27] reported a low SRT in the first
stage of two-stage activated sludge plants with α-factors in the range of 0.3 to 0.4. For
nitrifying and denitrifying plants (SRT from 12 to 14 d), the α-factor ranges from 0.5 to
0.7. Postulating an α-factor of 0.7 for separate SDE treatments, as indicated in practice,
provides an additional advantage by reducing electricity demand for aeration aiming
nitrification/nitritation. Nitrite produced in sidestream with a more favourable α-factor
(lower electricity consumption) is used to remove a part of the COD load in mainstream
through denitritation, avoiding that this COD is oxidisied aerobically by O2 provided with
less efficiency (lower α-factor). The energy saving is much higher at two-stage plants due
to the lower α-factor in the first-stage. Table 3 summarises α-factors that were considered
for the different treatment tanks and plant configurations.

Table 3. α-values considered for different treatment tanks.

Configuration Treatment Tanks α-Factors

Single-stage activated sludge tank 0.5

Two-stage first-stage 0.4

Two-stage second-stage 0.6

SDE treatment sidestream tank 0.7

3. Results

Table 4 summarises the results of the SDE treatment scenarios. The corresponding
mass balances are shown in the Supplemental Information (File S1). The nitrogen load in
the SDE of the single-stage WWTP was calculated with 1.2 g N/(PE·d), which corresponds
to 15% of the incoming nitrogen load. The calculations presented are based on a TN removal
of 80%. After SDE sidestream treatment, the NH4-N load to the activated sludge tank
clearly decreased, resulting in a lower energy demand for aeration. However, the total
energy demand for aeration in the separate SDE tank and the activated sludge tank was in
total approx. 12.2 kWh/(PE·a), nearly the same for all scenarios considered. Although some
publications claim a lower oxygen and thus a lower electricity demand for the anammox
process [30,31], the results of our study revealed that the lower electricity demand is not
the case when considering the total aeration demand. The results illustrated that the
overall energy consumption for the biological treatment at single-stage WWTPs can not
be affected by the implementation of a SDE sidestream treatment. Similar results were
found for the energy recovery from biogas utilisation, which was equal for all scenarios
with approx. 14.3 kWh/(PE·a). However, a significant difference was found for the
organic carbon demand for denitrification. The highest carbon demand accounted for
scenario 1 (mainstream) with 4.8 kg COD/(PE·a), whereby the lowest carbon demand of
3.7 kg COD/(PE·a) was found for SDE nitritation and anammox. SDE pre-treatment with
nitritation resulted in a 6% lower carbon demand. In the case of a limited COD availability
or by focusing a target COD removal, SDE sidestream treatment offers suitable handling
to ensure extensive nitrogen removal and to relieve the aeration system in the activated
sludge tank. Besides the lower carbon demand, the results of the mass balances indicated
that the energetic advantage of sidestream SDE treatment of single-stage WWTPs is less.
Moreover, the operation of a sidestream treatment is linked to additional construction
costs and the need of technical equipment (e.g., aeration system with blowers and stirrers).
Control and handling of SDE sidestream treatments can be challenging when there arise
foaming problems that can only be controlled by dosing anti-foaming agents. Operators and
designers should carefully check the site-specific benefits for sidestream SDE treatments on
single-stage WWTP design.
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Table 4. Energy for aeration, energy from biogas utilisation, and OUDN for TN removal of 80% in
single-stage and two-stage WWTPs with different SDE treatment options.

Scenario Energy from Biogas
(kWhel/(PE·a))

Energy for Aeration
(kWhel/(PE·a))

OUDN
(kg COD/(PE·a))

single-stage

1 14.3 12.3 4.80

2 14.3 12.2 4.53

3 14.3 12.2 3.70

two-stage

4 19.0 10.7 4.80

5 19.9 9.8 4.41

6 19.4 10.4 3.16

In the second part of the study, different SDE treatment concepts were considered
for the two-stage plant design. The nitrogen load in the SDE of the two-stage WWTPs
was calculated with 1.7 g N/(PE·d), which corresponds to 21% of the incoming nitrogen
load. Sidestream concepts (scenario 5 and 6) consider the return of the pre-treated SDE
to the first stage of a two-stage WWTP, which significantly reduces the energy demand
for aeration in the first stage due to denitritation. Additionally, the higher oxygen transfer
rate in the sidestream tank has a positive effect on the total energy balance compared with
the single-stage plant design. Overall, the energy demand for aeration of the two-stage
plant is considerably lower compared with the single-stage WWTP operation (−9.3%). The
lowest energy demand for aeration was found with 9.8 kWh/(PE·a) for the scenario with
sidestream nitritation of SDE. Moreover, energy savings are possible with SDE sidestream
nitritation and anammox. Compared with SDE treatment in mainstream, the SDE treatment
with nitritation allows energy savings of approx. 8%; 3% of energy savings are possible
for nitritation and anammox. The results of the two-stage plant design indicate that
differences in the aeration energy of the SDE treatment concepts considered can make up
0.3 to 0.9 kWh/(PE·a). Since the specific energy consumption is usually in the range of
20 to 30 kWh/(PE·a), the total energy savings can account for 4.5% or more than 90 MWh/a
for WWTPs larger 100,000 PE.

A side-effect of the anoxic respiration and the low SRT in the first stage is an increased
transfer of COD to the excess sludge with the benefit of higher biogas production in the
digester. Compared with the single-stage WWTP operation (scenarios 1 to 3), the anaerobic
stabilisation at two-stage WWTPs (scenarios 4 to 6) enables an overall higher gain of energy
from anaerobic sludge stabilisation (+33%). The highest possible energy recovery from
biogas was calculated with 19.9 kWh/(PE·a) for SDE sidestream nitritation, followed by
nitritation and anammox with 19.4 kWh/(PE·a). The results indicate that sidestream SDE
treatment allows an additional gain of energy from biogas up to 90 MWh/a considering
a two-stage WWTP with a design capacity of 100,000 PE. Although SDE treatment in
sidestream is attractive for saving energy and increasing the biogas yield, it was found
in earlier studies that there can appear considerable N2O emissions due to higher nitrite
levels and loads. Especially sidestream nitritation was found to increase N2O emissions of a
WWTP [32]. Since N2O is a climate relevant greenhouse gas, increased emissions affecting
the CO2 footprint of a WWTP and should also be considered.

Moreover, the calculations represented provide information about the carbon demand
of the SDE treatment concepts. The lowest carbon demand for denitrification was found for
the SDE treatment via nitriation and anammox with 3.16 kg COD/(PE·a), which is approx.
30% to 35% lower compared with the alternative scenarios. However, the carbon efficiency
of the deammonification process presents no benefit, as the first stage needs to be operated
under aerobic or anoxic conditions. Even though it is stated in many references that the
deammonification of SDE reduces the energy demand of municipal WWTPs considerably,
this is not the case for typical municipal wastewater where the oxygen demand for the
carbon removal exceeds the oxygen demand for the nitrification. Moreover, there is an
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increased process control required in order to provide enough COD for denitrification in
the second-stage. High N/COD ratios can restrict denitrification in the second-stage due to
a lack of carbon and must be considered carefully.

The results confirmed that the concept of two-stage WWTPs is advantageous for an
energy-efficient operation with an increased energy self-sufficiency. Nitritation in SDE pre-
treatment tanks and the use of nitrite to substitute oxygen in the first stage of a two-stage
WWTP appears to be the most advantageous SDE treatment concept for saving aeration
energy. Nevertheless, it should be mentioned that different process settings and operational
conditions can enable another SDE treatment option to the more favorable concept for an
individual plant. So far, publications reporting full-scale operation that allow verifying
the results presented are scarce. Full-scale experiences from the implementation of a SDE
sidestream nitritation on the second-stage WWTP Kirchbichl were reported by Ref. [33].
The authors observed a stable nitritation after the startup of the process and temporary
problems with foam. However, due to changes in the digester operation and internal return
flows, it was not completely possible to evaluate the energetic effects out of the received
data for the restricted experimental period. For the background of changeable operational
conditions, mass balances have been proven to be an efficient tool to forecast energetic
effects. The presented data serve to explain how mass balances can be applied with regard
to assess SDE treatment.

4. Discussion

The goal of the study was to provide a comparison of different SDE treatment con-
cepts by considering single- and two-stage plant design. The calculations performed by
mass balances are based on specific data received from benchmark studies and full-scale
experiences. Operators and engineers can use the described method to evaluate the best
suitable SDE treatment concept for an individual WWTP by using plant-specific loads and
data. The results presented demonstrated that the SDE sidestream treatment at single-stage
WWTPs does not display an energetic advantage for one of the investigated treatment
methods, since the energy demand for aeration was approx. 12.2 kWh/(PE a) for all
scenarios considered. Moreover, the energy potential of the biogas was the same with
14.3 kWh/(PE·a). However, the deammonification process had a higher carbon efficiency
with a 23% lower carbon demand compared with mainstream SDE treatment, which is
a great benefit for single-stage activated sludge plants with high effluent requirements
regarding nitrogen removal or a limited capacity of the aeration system. Overall, it was
found that the two-stage WWTP operation allows an approx. 30% higher biogas production
compared with single-stage WWTPs, since the anoxic respiration of heterotrophic bacteria
and low SRT lead to a higher amount of COD transferred to sludge. This in turn reduces
the energy demand for aeration considerably, whereby the energy demand for aeration is
approx. 13% lower by considering the mainstream SDE treatment. SDE pre-treatment in
sidestream via nitritation and the further treatment of nitrite-rich effluent in the first stage
of a two-stage WWTP reduces the oxygen demand for COD respiration and is therefore the
most favourable strategy to achieve an energy-efficient wastewater treatment with savings
of approx. 8% of aeration energy.

Supplementary Materials: The following supporting information can be downloaded at:
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Abstract: More and more attention in sewage sludge management is being devoted to its environ-
mental utilization. This approach is justified both from economic and environmental points of view.
However, as with any method, there are certain possibilities and limitations. The goal of the natural
utilization of sewage sludge is to recover the valuable agronomic properties and fertilizing potential
of the sludge. The main aspect limiting the possibility of using sludge as a fertilizer is the heavy
metal content. In this paper, an analysis of the risk of environmental contamination in the case of
application of sewage sludge with different forms of sludge treatment was carried out. Risk indices
such as Igeo and PERI, based on the comparison of total metal content in sludge and soil, as well
as RAC and ERD indices, which take into account the mobility of metals in soil, were calculated.
It was shown that high levels of potential risk and geoaccumulation indicators do not necessarily
disqualify the use of sewage sludge, the key aspect is the form of mobility in which the heavy metals
are found in the sludge, and this should be the only aspect taken into account for the possibility of
their environmental use.

Keywords: heavy metals; sewage sludge; mobility; environmental pollution

1. Introduction

The progress of civilization in the last century has contributed significantly to the
improvement of human life quality. As a result of these changes, the water demand and
pollutant load of discharged wastewaters have increased [1–3]. It is, therefore, necessary
to continuously expand and modernize the infrastructure for wastewater collection and
treatment. However, this contributes to an increase in the amount of sewage sludge
generated as a byproduct of sewage treatment plant processes. So far, no waste-free method
or effective solution has been developed to completely eliminate sewage sludge from the
environment [4,5]. However, there are many methods to utilize the sludge generated
this way. Agricultural use of sludge fertilizers is particularly beneficial due to its high
soil-forming and fertilizing properties [6–8]. To this end, the method of sewage sludge
management is primarily determined by the amount and properties of the sludge [9,10].
Sludge with high reclamation fertilizer values can be used as an organic fertilizer as long as
the micropollutant content does not have a negative impact on the soil environment [11–13].
The permissible levels of heavy metals in the application of sewage sludge in Poland and
the world are listed in Table 1.
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Table 1. Heavy metal limit values in sewage sludge intended for natural use (mg/kg d.m.).

Metal

Limit Values for Heavy Metals in Sewage Sludge Intended for Natural Use

Poland
Regulation [14]

EU Directive
86/278/EEC [15]

Chinese Regulation
GB 18918-2002 [16]

USA
Regulation 40 CFR
Part 503, 503.13 [17]

South African
Guideline (Pollutant

Class a) [18]pH < 6.5 pH > 6.5

Cd 20 20–40 5 20 39 40
Ni 300 300–400 100 200 420 420
Zn 2500 2500–4000 500 1000 2800 2800
Cu 1000 1000–1750 250 500 1500 1500
Cr 500 - 600 1000 - 1200
Pb 750 750–1200 300 1000 300 300

The chemical forms of metals present in sewage sludge can be identified by sequential
extraction or speciation based on the fractionation of compounds. The use of this analytical
procedure ensures the separation of the test material into fractions characterized by different
degrees of mobility [19].

Soluble metals, which are highly mobile and readily available, pose the greatest threat
to soil inhabitants as micronutrients that enter ground and surface waters move up the
trophic chain. Heavy metals in the soil are not immediately absorbed by plants; however,
they can slowly form hazardous solutions over time [20]. Some essential elements, such
as Fe, Co, Cu, Cr, Mo, Mn, Se, Ni, and Zn, are required for organisms in trace amounts;
however, they become toxic at higher levels. Nonessential elements such as Sb, Pb, Hg, Ag,
and As are toxic and not needed by living organisms [21]. However, most wastewaters and
wastes contain heavy metals in amounts sufficient to cause toxicity to crop plants [22].

Sewage sludge, a byproduct of wastewater treatment, can be managed in several
ways. However, the most favorable variant from an ecological standpoint and in terms of a
circular economy is its use for agricultural purposes.

Municipal sewage sludge can be used as a substrate for the production of organic
fertilizers or plant growth aids, but the most important criterion it must meet is the total
content of heavy metals. In that regard, the goal of this study is to confirm that a high
concentration of heavy metals in the sludge does not always rule out the possibility of
sludge agricultural use. The key, therefore, is the content of metals in fractions that tend to
migrate deep into the environment and, thus, can easily enter the food chain.

This study investigates the sewage sludge content of four wastewater treatment plants
in Poland using different wastewater treatment technologies. The investigation considers
heavy metal concentrations, mobility, and the risk of contamination of the environment.
Based on the results, the geoaccumulation index (Igeo), potential environmental risk index
(PERI), risk assessment code (RAC), and environmental risk determinant (ERD) were
calculated. All indicators were then compared to sewage sludge use regulations in Poland
and Europe. It was also determined whether or not the treatment technology is critical in
terms of the content of heavy metals in mobile forms. The importance of analyzing the
form in which heavy metals are present became apparent when considering their use for
agricultural purposes.

2. Materials and Methods
2.1. Characteristics of Collection Points and Potential Uses of Sludge

Sludge samples were collected from four different wastewater treatment plants located
in the Swietokrzyskie province in Poland (Figure 1). The characteristics of the treatment
plants are presented in Table 2. The plants differ in the type of sludge treatment, which are:
oxygen stabilization, dewatering on belt press, Imhoff fermentation, and internal digester
fermentation. Reference points for the content of heavy metals in soil were measuring
stations prepared within the Framework of Monitoring of Chemistry of Arable Soils in Poland [23]
located not far from the sampling points (Figure 1). Test Point 361 in Wola Kopcowa was
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selected as a point for potential use of sewage sludge. The soil was characterized by
complex 2z (medium grassland), type: A (podzolic soil), and valuation class: IVb. The soil
type was sandy loam. The “pH” in H2O suspension was 5.5, while in KCL, it was 4.5. The
humus content of the soil was 3.24%, organic carbon 1.88%, total nitrogen 0.09%, while the
C/N ratio was 20.89 [23].
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Figure 1. Location of WWTPs and potential sites of agricultural use of sewage sludge (own research).

Table 2. Characteristics of WWTPs (own research).

Wastewater Treatment Plant

WWTP1 WWTP2 WWTP3 WWTP4

Location of WWTP Opatow Kornica Mniow Ozarow

Type of WWTP Mech.-biol. Mech.-biol. Mech.-biol. Mech.-biol.

Equivalent Number of
Residents 15,240 21,594 9550 9660

SS treatment Internal digester
fermentation

Imhoff
fermentation Oxygen stab. Dewatering

on belt press

Distance of the WWTP from
the point use of SS (km) 56 61 32 80

2.2. Heavy Metal Speciation

Heavy metals can be classified into four mobility fractions based on their migration
capacity [24]. These are:

FI fraction—associated with carbonates, the most mobile;
FII fraction—associated with amorphous iron and manganese oxides;
FIII fraction—associated with organic and sulfide matter;
FIV fraction—associated with silicates—a completely chemically stable fraction.

The study used a four-step procedure developed by the European Community Refer-
ence Bureau, or BCR for short [25,26]:

• Step I: CH3COOH extraction–(FI—exchangeable fraction);
• Step II: extraction NH2OH·HCl–(FII—reducible fraction);
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• Step III: extraction H2O2/CH3COONH4–(FIII—oxidizable fraction);
• Step IV: mineralization of the residual fraction with a mixture of concentrated acids

(HCl, HF, HNO3)–(FIV—residual fraction).

2.3. Heavy Metal Accumulation Risk Indicators
2.3.1. Geoaccumulation Index of Heavy Metal in Soil (Igeo)

This specific method was proposed by Muller [27] to determine and classify the
state of sludge/soil contamination at five levels, ranging from uncontaminated to highly
contaminated. The geoaccumulation index (Igeo) measures the level of sediment or soil
contamination by inorganic or organic trace substances of environmental concern and
bioelements. It compares current concentrations to precivilization concentrations or, in the
case of synthetic substances that do not occur in nature but have recently been produced, to
reference values derived from an assumed uniform global distribution of these substances.
Igeo is defined by the equation [27,28]:

Igeo = log2
Cn

1.5·Bn
(1)

where:

Cn—the concentration of a specific heavy metal element in sewage sludge, mg·kg−1 d.m.;
Bn—content of a given element from the group of heavy metals present in the soil,
mg·kg−1 d.m.

Table 3 presents the classification of the heavy metals geoaccumulation index and risk
assessment code.

Table 3. Classification of Igeo [28,29].

Igeo Pollution Value

<0 No pollution
0–1 No pollution, moderate pollution
1–2 Moderate pollution
2–3 moderate pollution or high
3–4 High pollution

2.3.2. Risk Assessment Code (RAC)

The risk assessment code (RAC) is a quantitative method for determining the mobility
and bioavailability of heavy metals based on total metal concentration and chemical fraction.
Because the acid-extractive fraction (F1), which consists of exchange fraction, has higher
bioavailability, its mass fraction is used to evaluate metals in soils or sediments [28]. The
RAC index introduced by Perin et al. [29], was classified into five risk categories (Table 4).
It is calculated in accordance with [29,30]:

RAC =
F1

HM
·100% (2)

where:

F1—acid heavy metal concentration—soluble/free fraction; mg·kg−1; HM—total heavy
metal concentration, mg·kg−1.

41



Int. J. Environ. Res. Public Health 2022, 19, 11829

Table 4. Classification of RAC [29–31].

RAC Risk Value

<1 No risk
1–10 Low risk

11–30 Medium risk
31–50 High risk
>50 Very high risk

2.3.3. Potential Environmental Risk Index (PERI)

The potential ecological risk index (PERI), developed by Hakanson (1980) [28], is
based on the principles of sedimentology. Scientists use it extensively to evaluate the
pollution and potential ecological risk associated with heavy metals in sewage sludge. This
index takes into account not only the heavy metal content of sewage sludge, but also the
ecological and environmental effects of heavy metals [30]. It is calculated by the following
formulas [30–32]:

Ci
f =

Ci
D

Ci
R

(3)

where:

Ci
f —pollution factor;

Ci
D—concentration of the i-th element from the HM’s group present in sludge, mg·kg−1 d.m.;

Ci
R—concentration of the i-th element from the HM’s group in the soil, mg·kg−1.

Ei
r = Ti

r · Ci
f (4)

where:

Ei
r– index of the potential ecological risk of the i-th element from the HM group;

Ti
r–toxicity factor of the i-th element from the HM group;

The degree of heavy metal toxicity varies according to the toxicity factor. (Ti
r): Cd-30, Cu,

Ni and Pb-5, and Zn-1 [30].

The sum of potential ecological risk from sludge in the ground is defined by the
equation [31]:

PERI = ∑n
i=1 Ei

r (5)

The risk level is classified into 5 categories as shown in Table 5.

Table 5. PERI indicator classification [30–32].

Ei
r PERI Risk Value

<40 <150 Low
40–80 150–300 Medium

80–320 300–600 High
>320 >600 Very high

2.3.4. Environmental Risk Determinant (ERD)

Considering the mobility of heavy metals, it can be seen that only Fraction IV does not
migrate into the soil-water environment under any conditions. The mobile fractions (FI,
FII) are considered to be the most mobile, while Fraction FIII can be mobile under certain
conditions, i.e., when the organic matter in the soil is fully processed by microorganisms and
when there is an ozone storm. Metals bound to iron and manganese oxides are released into
the environment relatively slowly. Under certain conditions of pH and oxidation-reduction
potential, metals bound to FII can exhibit significant bioavailability [33]. Environmental risk
assessment is carried out based on the first three fractions, taking into account the level of
individual predisposition of each fraction to release heavy metals into the soil environment.
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The ERD calculates the content of heavy metal elements based on their distribution in
the four fractions. Each fraction is assigned a weight ranging from 0 to 1. The authors
proposed using the ERD index because none of the indicators using the mobility issue take
into account the weight of each fraction. Consider that the FI, FII, and FIII fractions are
mobile, but the FI fraction is much more mobile than FII and FIII, which takes into account
the formula for the ERD index. The adopted weight ranges were proposed based on the
scale analysis of the other indicators. The content of metals found in Fraction I is taken into
account in its entirety to determine the risk of ecological contamination, while Fractions FII
and FIII, no longer completely mobile, were reduced by a procedure of potentiating the
values to the second and third power, respectively. The applied scale ranges were proposed
based on the evaluation of the scales of the other indicators. Its determinant is defined by
the equation [33,34]:

ERD=Fp1 + Fp2 + Fp3 (6)

where:

Fp1 = F1; F1—metal content in Fraction FI on a scale of 0–1; Fp2 = F2
2; F2—metal content in

Fraction FII on a scale of 0–1; Fp3 = F3
3; F3—metal content in Fraction FIII on a scale of 0–1.

The risk level is classified into 4 categories as shown in Table 6.

Table 6. ERD indicator classification [33,34].

ERD Risk Value

0 < ERD ≤ 0.35 Low risk
0.35 < ERD ≤ 0.6 Medium risk
0.6 < ERD ≤ 0.8 High risk

0.8 < ERD Very high risk

3. Results

This section is divided into subsections that provide a concise description of the
experimental results, their interpretation, and experimental conclusions. The results of
chemical speciation of heavy metals in sewage sludge are shown in Table 7.

Table 7. Chemical speciation of heavy metal in sewage sludge, for sludge from all four treatment
plants, the results are the statistical average of four separate measurements for each sludge, excluding
coarse errors, mg·kg−1.

Heavy Metal (mg/kg s.m.)

Fraction Cu Cr Cd Ni Pb Zn

Sewage sludge—S1

Fraction I 3.3 ± 0.2 2.0 ± 0.3 0.3 ± 0.1 3.5 ± 0.1 5.2 ± 0.1 79.4 ± 0.7
Fraction II 1.8 ± 0.1 1.1 ± 0.1 0.3 ± 0.1 1.4 ± 0.1 0.5 ± 0.2 122.8 ± 2.6
Fraction III 57.1 ± 1.1 16.1 ± 0.7 1.9 ± 0.1 5.9 ± 0.1 7.8 ± 0.1 323.8 ± 1.5
Fraction IV 22.8 ± 0.7 22.0 ± 0.7 1.1 ± 0.8 9.2 ± 0.3 54.7 ± 9.4 170.8 ± 1.3
ΣFI . . . IV 85.0 ± 2.3 41.2 ± 0.9 3.6 ± 0.9 20.0 ± 0.5 68.2 ± 11.3 696.8 ± 2.6

Sewage sludge—S2

Fraction I 0.2 ± 0.1 5.2 ± 0.2 0.1 ± 0.1 0.0 ± 0.1 0.1 ± 0.1 161.3 ± 2.0
Fraction II 1.1 ± 0.1 0.8 ± 0.2 0.6 ± 0.1 0.4 ± 0.1 0.6 ± 0.2 71.7 ± 0.7
Fraction III 47.4 ± 0.8 12.1 ± 0.3 0.5 ± 0.1 0.3 ± 0.1 7.4 ± 0.8 356.0 ± 3.5
Fraction IV 18.3 ± 0.4 18.9 ± 0.4 0.6 ± 0.1 2.1 ± 0.3 9.1 ± 0.8 899.0 ± 9.2
ΣFI . . . IV 67.0 ± 0.9 37.0 ± 2.4 1.8 ± 0.5 2.8 ± 0.5 17.2 ± 3.1 1488 ± 8.0
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Table 7. Cont.

Heavy Metal (mg/kg s.m.)

Fraction Cu Cr Cd Ni Pb Zn

Sewage sludge—S3

Fraction I 3.3 ± 0.2 1.6 ± 0.1 0.4 ± 0.1 2.6 ± 0.2 9.4 ± 0.9 99.2 ± 2.2
Fraction II 1.6 ± 0.1 1.5 ± 0.1 0.3 ± 0.1 6.1 ± 0.5 11.1 ± 1.3 123.2 ± 2.9
Fraction III 36.1 ± 0.3 14.3 ± 0.3 1.7 ± 0.1 9.1 ± 0.7 9.9 ± 1.1 499.9 ± 8.2
Fraction IV 22.1 ± 0.3 19.1 ± 0.4 1.4 ± 0.1 4.3 ± 0.3 98.5 ± 9.9 324.5 ± 8.1
ΣFI . . . IV 63.1 ± 0.9 36.5 ± 0.5 3.8 ± 0.2 22.1 ± 0.7 128.9 ± 3.7 1047 ± 19.6

Sewage sludge—S4

Fraction I 2.1 ± 0.2 4.9 ± 0.3 1.1 ± 0.1 1.6 ± 0.2 4.2 ± 0.5 121.2 ± 1.1
Fraction II 3.7 ± 0.1 0.1 ± 0.05 1.6 ± 0.1 3.8 ± 0.5 3.7 ± 0.4 111.2 ± 1.4
Fraction III 33.2 ± 0.2 16.1 ± 0.2 0.8 ± 0.1 0.2 ± 0.1 4.6 ± 0.5 329.0 ± 3.1
Fraction IV 2.3 ± 0.3 17.1 ± 0.5 0.9 ± 0.1 8.1 ± 0.6 58.0 ± 6.1 350.5 ± 2.1
ΣFI . . . IV 41.3 ± 1.2 38.2 ± 1.3 4.4 ± 0.6 13.7 ± 0.7 70.5 ± 11.7 911.9 ± 7.7

The Igeo index is largely dependent on the heavy metal content of the soil at the site of
potential use. Because of this fact, a common site for sludge from all four WWTPs was chosen
as a potential sludge use point. Figure 2 shows the Igeo value for all samples analyzed
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Figure 2. The geoaccumulation index (Igeo) of heavy metals in sewage sludge.

For all analyzed cases of sewage sludge, the RAC showed no high risk of environ-
mental contamination. This is due to the low content of heavy metals in the FI fraction.
Statistically, sediments collected from WWTP4 have the highest percentage of metals in the
FI fraction. The highest percentage was recorded for cadmium from WWTP4, which was
25%, but it did not reach the high-risk level. The outcomes can be considered satisfactory;
however, it should be noted that the RAC index only considers the FI fraction, ignoring
the heavy metals in the FII and FIII fractions. Figure 3 shows the RAC value for all sewage
sludge samples.
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The ERD index revealed similar risk levels to the RAC, but it was more accurate due to
the inclusion of metals from fractions II and III. As with the RAC, sewage sludge collected
from Wastewater Treatment Plant 4 proved to be the most hazardous in terms of potential
metal migration. Figure 5 depicts the ERD values.
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Figure 5. The environmental risk determinant (ERD) indicator of heavy metals in sewage sludge.

For the results of potential risk, for all indices and wastewater treatment plants, a
noncompliance table was prepared (Table 8). The heavy metals listed in the table did not
meet the criterion that would qualify the sludge for potential environmental use. As can
be seen in Figures 2 and 4, indicators comparing total sediment content to content at the
point of use were far more critical than indicators considering mobility. Although the metal
content of sediment is high, it may be in stable fractions that cannot migrate in soil or
vegetation. As a result, it appears appropriate to consider the form in which the metal
occurs when evaluating the possibility of natural sewage sludge use.

Table 8. Schedule of failure to meet heavy metal toxicity criterion from analyzed sites for four
pollutant indicators.

WWTP * Igeo RAC PERI ERD

WWTP1 Ni, Zn, Cu, Cr, Cd Ni, Zn Cu, Cd -
WWTP2 Zn, Cu, Cr, Cd, Cr Cu, Cd, Zn -
WWTP3 Ni, Zn, Pb, Cu, Cr, Cd, Ni Cu, Cd, Pb, Zn -
WWTP4 Zn, Cu, Cd, Cr, Cr, Cd, Ni, Zn Cu, Cd, Zn Cd, Cu

* WWTP1 (internal digester fermentation), WWTP2 (Imhoff fermentation), WWTP3 (oxygen stab.) WWTP4
(dewatering on belt press).

4. Discussion

This paper presents the analysis of sewage sludge taken from four treatment plants
that use various water treatment technologies. The heavy metal content in all samples
did not exceed the permissible metal content limit for agricultural use. However, the
results of the analyzed indicators of contamination risk were not so encouraging. The
most stringent proved to be the Igeo index, which compares the metal content of the
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sludge with the content in the geological substrate at the site of potential use. According
to Igeo, all sediments posed a very high risk of ecological contamination, with zinc and
cadmium proving particularly toxic. Another indicator considering metal mobility was
RAC. According to the indicator value, the sediments showed a medium or low risk of
contamination. This is related to their exchangeable fraction content. With respect to
RAC, the most toxic sludge sample was the one taken from Treatment Plant 4: Heavy
Metal. In all samples, cadmium and copper proved to be the most toxic and risky. The
other metals showed medium or low levels of toxicity. The index proposed by the authors
(ERD), which is based primarily on the issue of heavy metal mobility, identified WWTP 4 as
having the highest risk of ecological contamination. The other three WWTPs, on the other
hand, do not pose a high contamination potential risk. Copper is the heavy metal most
likely to penetrate deep into the soil from the sludge samples of all analyzed wastewater
treatment plants.

5. Conclusions

This paper examines the risk of environmental contamination caused by the agri-
cultural use of sewage sludge from four wastewater treatment plants in Poland. Each
of the analyzed facilities uses different wastewater treatment technology. Sewage sludge
from all wastewater treatment plants met the applicable heavy metals limits imposed by
legal acts, which is the primary criterion for using sewage sludge as a fertilizer. Con-
ventional indices based solely on total heavy metal content, such as Igeo and PERI, were
significantly more critical in assessing the feasibility of sludge use than the ERD and RAC,
which also look at heavy metal chemical forms. As a result, most of the metals in the
sludge were in a completely stable form, and despite their high concentration, there was
no possibility of migration and entry into the crop. The study found that wastewater
treatment technology has no significant impact on the total content of heavy metals in the
sludge; however, sludge from a treatment plant that uses press dewatering has the highest
content in the mobile sections. In all sewage sludge samples, copper was the most mobile
heavy metal.
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Abstract: The felicitous tourist destination “Hills Queen” and the capital city of Himachal Pradesh,
an enticing state in the Himalayan region, are met with water crisis every year and jaundice outbreaks
occasionally. In 2016, there was a severe jaundice outbreak in Shimla city. In a contemporaneous
investigation, we attempted to trace out the possible reason for these crises in Shimla. Samples were
collected month wise from different water-supply sources and their physicochemical and microbial
loads were analyzed. The microbiological examination found a totally excessive microbial load
(1.064 × 109 cfu/mL on common) throughout the year with a maximum (>1.98 × 1010 cfu/mL) in
the wet season and minimum (>3.00 × 107 cfu/mL) in the winter. Biochemical and morphological
evaluation confirmed that most of the water resources reported a high number of coliforms and
Gram-negative microorganisms due to sewage-water infiltration. These microorganisms in the water
are responsible for the liver infection that ultimately causes jaundice. For safe and potable water,
infiltration of municipal wastewater must be prevented at any cost. Scientific disposal of wastewater
and purification of uncooked water have to be conducted earlier than consumption or use for different
domestic functions, to avoid water crises and fetal ailment outbreaks in the near future.

Keywords: Shimla; municipal wastewater; jaundice; pathogens; water crisis

1. Introduction

Water is the primary component of every living organism, with fluids derived from
numerous sources on Earth. It is necessary for all known forms of life on Earth and covers
71% of the planet’s surface [1–3]. India is endowed with a vast range of snow-capped
Himalayas and a network of rivers that contribute to the country’s water supply. Rivers play
a vital role in the lives of the Indian people by providing water for drinking and various
other anthropogenic activities [4,5]. There is a definite link between water availability and
the prevention of numerous water-borne illnesses. Although access to clean drinking water
has increased in nearly every corner of the world over the last several decades, however one
billion people (globally) still lack access to drinking and sanitation [6]. The infiltration of
home and industrial effluent into the water sources has degraded the available pure water.
Drinking water polluted by various chemical or physical sources has the biggest impact on
human health, particularly in underdeveloped nations [7]. However, it is anticipated that by
2025, more than half of the world’s population will be vulnerable to water-related hazards.

According to one of WHO’s reports, by 2030, water shortage in some developing
countries may surpass 50%, resulting in 80% of water-borne or water-linked human dis-
eases owing to biological pollution of drinking water [8]. Drinking water should ideally
not include any harmful microorganisms or bacteria suggestive of fecal contaminations
(increased amount of E. coli and other coliforms) [9,10]. Many cities and other rural/urban
regions have had outbreaks of water-borne infections as a result of inadequate management
of water supplies and poor waste disposal. Consumption of drinkable water with sewage
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water in the Municipal Corporation of Shimla in 2016 resulted in a jaundice epidemic,
which infected more than 1600 people and reported 16 casualties [11].

Authorities halted the supply of drinking water from polluted sources (the city’s
primary water sources), exacerbating Shimla’s water crisis. The epidemic was caused by a
rise in fecal coliform concentrations in drinking water. Aside from jaundice, other disorders,
such as ear infections, dysentery, typhoid fever, viral and bacterial gastroenteritis, and so
on, are also associated with the presence of fecal coliforms such as Enterobacter, Klebsiella,
Citrobacter, E.coli, etc. [12]. Regular extensive treatment and analysis of drinking water is
required to keep an eye on and to minimize the microbial burden. Controlling microbiolog-
ical contamination at all checkpoints might be a solution to water-borne illnesses and its
link to water crises in all mega cities and significant tourist locations, such as Shimla, to
prevent against any future epidemic disasters and water crises.

2. Materials and Methods
2.1. Area under Investigation

Shimla, a picturesque hill station and popular tourist destination in the Himalayas
(Figure 1) faced water crisis in 2016. The city is spread out across an uneven altitude of
2100 m above sea level. This magnificent hill station is located between 31.06◦ N and
77.13◦ E. The city has a total size of 25 km2 [13,14]. Shimla’s water-supply system dates
back to 1875, and additional water sources have been located to supplement the supply in
order to fulfill the city’s ever-increasing demand for water. Dhalli Catchment area, Cherot
Nallah, Jagroti Nallah, Chair Nallah, Gumma Khad, and Ashwani Khad pump and provide
surface water from rivulets at various altitudes. The total installed capacity is 47.54 million
liters. Four water treatment plants exist in Gumma Khad, Ashwani Khad, Cherot Nallah
and Dhalli Catchment area.
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2.2. Sample Collection

Water samples were collected as per WHO guidelines from different water-supply sources
every month of one year in sterile bottles and brought to laboratory for further processing.

2.3. Analysis of Physiochemical Parameters

Various physio-chemical parameters such as temperature, pH, TDS, salt concentration,
color and conductivity were recorded.

2.4. Analysis of Microbiological Load

The microbial load was analyzed by standard plate-count technique using a serial
dilution agar-plate method up to 10−6-fold dilution of samples. Further, 100 µL of each
dilution was spread on different basic as well as selective media (Nutrient, MacConkey,
EMB, Endo) plates and incubated at 37 ◦C for 24 h [4]. After 24 h, the plates were analyzed
for different morphological appearances on different media and then further sub-cultured
to obtain pure culture by repeated streaking.

2.5. Identification of Microbes

Selected isolates were examined for various morphological as well as biochemical
features such as colony morphology, Gram’s staining, methyl red, oxidase test, catalase test,
glucose, lactose, maltose, sorbitol fermentation test, Vogues–Proskaure test, hydrolysis of
casein, etc., following the standard protocols.

2.6. DO, BOD and COD of Collected Samples

Standard protocols were used for analysis of dissolved, biological and chemical oxygen
demands [14,15].

3. Results
3.1. Collection of Samples

Samples were chronologically collected from source, i.e., raw water, to finale fil-
tration tanks and finally to distribution points, as shown in Figure 2 of the three main
water-supply sources.

3.2. Analysis of Physicochemical Parameters

The physical and chemical parameters of water were analyzed at the time of sampling
and data generated are shown in Tables 1–3. All the water sources, i.e., Dhalli Catchment
area, Cherot Nallah/Jagroti Nallah and Ashwani Khad, showed average pH (8.5), TDS
(108 ppm), conductivity (131 µS) and salt (70 ppm), which were under the permitted limit
of WHO norms for drinking water [10,16,17]. The above-mentioned range of parameters
might be due to the presence of rocks and alkaline soil in the catchment area of water
sources, but these are within the permitted limits and water is safe to use for domestic
purposes. Average water temperature of all the sources was found in the range of 15–25 ◦C
and it provides an ambient temperature for the survival of mesophilic microorganisms.
This low range of temperature is due to the fact that all these water sources are fed by
melting snow caps and dense forest streams. However, all these parameters are within the
permitted range of WHO guidelines (Table 4), but at the same time, these factors act as
add-on factors during infiltration of litter and sewage to the water sources and help in the
proliferation of opportunistic pathogens.

52



Int. J. Environ. Res. Public Health 2022, 19, 11266
Int. J. Environ. Res. Public Health 2022, 19, x 4 of 13 

 

 

Figure 2. Different sampling sites investigated during course of study. (A) Churat Nallah, (B) 

Ashwani Khad hard workers (C) Water treatment plant Dhalli. 

3.2. Analysis of Physicochemical Parameters 

The physical and chemical parameters of water were analyzed at the time of sam-

pling and data generated are shown in Tables 1–3. All the water sources, i.e., Dhalli 

Catchment area, Cherot Nallah/Jagroti Nallah and Ashwani Khad, showed average pH 

(8.5), TDS (108 ppm), conductivity (131 µS) and salt (70 ppm), which were under the 

Figure 2. Different sampling sites investigated during course of study. (A) Churat Nallah, (B) Ash-
wani Khad hard workers (C) Water treatment plant Dhalli.

53



In
t.

J.
En

vi
ro

n.
R

es
.P

ub
lic

H
ea

lth
20

22
,1

9,
11

26
6

Ta
bl

e
1.

A
na

ly
si

s
of

sa
m

pl
es

co
lle

ct
ed

fr
om

so
ur

ce
C

hu
ra

t/
Ja

gr
ot

iN
al

la
h.

Pa
ra

m
et

er
s

W
H

O
St

an
da

rd
s

R
aw

W
at

er
C

hu
ra

tN
al

la
h

R
aw

W
at

er
Ja

gr
ot

iN
al

la
h

Ja
n–

Fe
b

M
ar

ch
–

A
pr

il
M

ay
–J

un
e

Ju
ly

–
A

ug
us

t
Se

pt
em

be
r–

O
ct

ob
er

N
ov

em
be

r–
D

ec
em

be
r

Ja
nu

ar
y–

Fe
br

ua
ry

M
ar

ch
–

A
pr

il
M

ay
–J

un
e

Ju
ly

–
A

ug
us

t
Se

pt
em

be
r–

O
ct

ob
er

N
ov

em
be

r–
D

ec
em

be
r

C
ol

or
C

ol
or

le
ss

C
ol

or
le

ss
C

ol
or

le
ss

C
ol

or
le

ss
Sl

ig
ht

ly
Tu

rb
id

C
ol

or
le

ss
C

ol
or

le
ss

C
ol

or
le

ss
C

ol
or

le
ss

C
ol

or
le

ss
Sl

ig
ht

ly
tu

rb
id

C
ol

or
le

ss
C

ol
or

le
ss

pH
6.

5–
8.

5
8.

4
±

0.
28

8.
2
±

0.
27

8.
5
±

0.
15

8.
2
±

0.
11

8.
9
±

0.
44

8.
2
±

0.
33

8.
6
±

0.
27

8.
4
±

0.
56

8.
4
±

0.
20

8.
0
±

0.
15

8.
5
±

0.
57

8.
2
±

0.
44

Te
m

p
(◦

C
)

15
.7
±

0.
56

17
.3
±

0.
33

18
.2
±

0.
11

16
.2
±

0.
25

18
.7
±

0.
57

12
.7
±

0.
24

16
.2
±

0.
20

16
.8
±

0.
33

24
.7
±

0.
57

25
.1
±

0.
44

19
.2
±

0.
56

20
.1
±

0.
11

T
D

S
(p

pm
)

30
0

86
.9
±

0.
25

93
.5
±

0.
11

10
5.

0
±

0.
27

71
.8
±

0.
24

10
3.

0
±

0.
28

13
2.

9
±

0.
65

89
.5
±

0.
19

95
.3
±

0.
25

13
1.

0
±

0.
28

12
0.

0
±

0.
33

10
1.

0
±

0.
27

72
.3
±

0.
19

C
on

du
ct

iv
it

y
(µ

S/
cm

)
25

0
12

3.
5
±

0.
19

10
7.

5
±

0.
19

14
8.

8
±

0.
25

10
0.

2
±

0.
20

14
1.

9
±

0.
19

98
.0
±

0.
25

11
3.

5
±

0.
57

11
7.

2
±

0.
28

14
1.

5
±

0.
24

13
6.

2
±

0.
56

18
1.

3
±

0.
28

10
1.

8
±

0.
33

Sa
lt

co
nc

.
(m

g/
L)

30
–6

0
59

.8
±

0.
15

76
.3
±

0.
25

69
.4
±

0.
56

48
.9
±

0.
33

54
.2
±

0.
11

67
.5
±

0.
56

63
.8
±

0.
44

83
.3
±

0.
19

69
.4
±

0.
60

55
.6
±

0.
25

87
.3
±

0.
20

50
.6
±

0.
44

Ta
bl

e
2.

A
na

ly
si

s
of

sa
m

pl
es

co
lle

ct
ed

fr
om

so
ur

ce
A

sh
w

an
iK

ha
d.

Pa
ra

m
et

er
s

R
aw

W
at

er
Fi

lt
ra

ti
on

Ta
nk

Ja
n–

Fe
b

M
ar

ch
–A

pr
il

M
ay

–J
un

e
Ju

ly
–A

ug
us

t
Se

pt
em

be
r–

O
ct

ob
er

N
ov

em
be

r–
D

ec
em

be
r

Ja
nu

ar
y–

Fe
br

ua
ry

M
ar

ch
–A

pr
il

M
ay

–J
un

e
Ju

ly
–A

ug
us

t
Se

pt
em

be
r–

O
ct

ob
er

N
ov

em
be

r–
D

ec
em

be
r

C
ol

or
C

ol
or

le
ss

C
ol

or
le

ss
C

ol
or

le
ss

Tu
rb

id
C

ol
or

le
ss

C
ol

or
le

ss
C

ol
or

le
ss

C
ol

or
le

ss
C

ol
or

le
ss

Tu
rb

id
C

ol
or

le
ss

C
ol

or
le

ss

pH
8.

4
±

0.
25

8.
2
±

0.
15

8.
6
±

0.
29

8.
3
±

0.
23

8.
5
±

0.
56

8.
3
±

0.
28

8.
3
±

0.
24

8.
4
±

0.
27

8.
5
±

0.
22

8.
2
±

0.
17

8.
2
±

0.
24

8.
6
±

0.
29

Te
m

p
(◦

C
)

15
.6
±

0.
33

17
.2
±

0.
27

21
.4
±

0.
43

22
.0
±

0.
53

18
.5
±

0.
25

16
.7
±

0.
20

15
.8
±

0.
44

16
.4
±

0.
53

24
.5
±

0.
53

20
.1
±

0.
27

19
.2
±

0.
25

15
.8
±

0.
48

T
D

S
(p

pm
)

11
8.

0
±

0.
43

11
6.

5
±

0.
53

12
8.

0
±

0.
24

12
3.

0
±

0.
56

12
5.

0
±

0.
22

13
7.

0
±

0.
25

12
3.

0
±

0.
27

12
3.

0
±

0.
25

12
6.

0
±

0.
11

10
1.

8
±

0.
20

11
0.

0
±

0.
29

12
3.

4
±

0.
27

C
on

du
ct

iv
it

y
(µ

S/
m

)
12

2.
3
±

0.
13

12
8.

3
±

0.
33

18
0.

3
±

0.
13

86
.6
±

0.
19

98
.3
±

0.
45

10
7.

0
±

0.
26

10
0.

8
±

0.
32

11
8.

3
±

0.
26

19
0.

0
±

0.
25

72
.3
±

0.
29

96
.2
±

0.
19

12
7
±

0.
57

Sa
lt

co
nc

.
(p

pm
)

85
.0
±

0.
34

83
.0
±

0.
44

87
.0
±

0.
23

60
.7
±

0.
26

74
.2
±

0.
34

82
.0
±

0.
29

88
.8
±

0.
45

83
.7
±

0.
24

91
.9
±

0.
18

50
.6
±

0.
25

83
.4
±

0.
54

89
.0
±

0.
20

54



In
t.

J.
En

vi
ro

n.
R

es
.P

ub
lic

H
ea

lth
20

22
,1

9,
11

26
6

Ta
bl

e
3.

A
na

ly
si

s
of

sa
m

pl
es

co
lle

ct
ed

fr
om

so
ur

ce
D

ha
lli

W
TP

.

Pa
ra

m
et

er
s

Ja
nu

ar
y–

Fe
br

ua
ry

M
ar

ch
–A

pr
il

M
ay

–J
un

e

R
aw

W
at

er
Fi

lt
ra

ti
on

Ta
nk

St
or

ag
e

Ta
nk

R
aw

W
at

er
Fi

lt
ra

ti
on

Ta
nk

St
or

ag
e

Ta
nk

R
aw

W
at

er
Se

tt
li

ng
Ta

nk
Pu

bl
ic

Ta
p

1
Pu

bl
ic

Ta
p

2

C
ol

or
C

ol
or

le
ss

C
ol

or
le

ss
C

ol
or

le
ss

C
ol

or
le

ss
C

ol
or

le
ss

C
ol

or
le

ss
C

ol
or

le
ss

C
ol

or
le

ss
C

ol
or

le
ss

C
ol

or
le

ss

pH
8.

3
±

0.
19

8.
5
±

0.
26

8.
4
±

0.
28

8.
7
±

0.
25

8.
5
±

0.
27

8.
8
±

0.
28

8.
30

±
0.

25
8.

45
±

0.
19

8.
67

±
0.

29
8.

54
±

0.
23

Te
m

p.
(◦

C
)

12
.7
±

0.
28

12
.4
±

0.
27

13
.0
±

0.
25

16
.3
±

0.
57

17
.5
±

0.
28

20
.5
±

2
15

.7
±

0.
19

16
.4
±

0.
32

17
.3
±

0.
57

16
.8
±

0.
28

T
D

S
(p

pm
)

13
2.

2
±

0.
34

11
8.

5
±

0.
54

12
9
±

0.
23

12
5
±

0.
43

14
5.

3
±

0.
43

10
6.

8
±

0.
19

10
2.

2
±

0.
28

11
8.

8
±

0.
23

14
5
±

0.
54

14
9.

8
±

0.
35

C
on

du
ct

iv
it

y
(µ

S/
m

)
74

.3
±

0.
45

10
8.

6
±

0.
32

11
5
±

0.
36

11
4
±

0.
28

12
7.

6
±

0.
34

14
8.

3
±

0.
32

84
.8
±

0.
21

94
.5
±

0.
36

10
2
±

0.
43

97
.6
±

0.
38

Sa
lt

co
nc

.
(p

pm
)

85
.3
±

0.
21

78
.1
±

0.
17

94
.2
±

0.
43

88
.3
±

0.
36

78
.2
±

0.
29

74
.5
±

0.
44

87
.4
±

0.
57

78
.6
±

0.
27

78
.5
±

0.
29

75
.8
±

0.
27

Pa
ra

m
et

er
s

Ju
ly

–A
ug

us
t

Se
pt

em
be

r–
O

ct
ob

er
N

ov
em

be
r–

D
ec

em
be

r

R
aw

W
at

er
Se

tt
li

ng
Ta

nk
St

or
ag

e
Ta

nk
Fi

lt
ra

te
d

W
at

er
Pu

bl
ic

Ta
p

1
Pu

bl
ic

Ta
p

2
R

aw
W

at
er

Se
tt

li
ng

Ta
nk

Pu
bl

ic
Ta

p
1

Pu
bl

ic
Ta

p
2

C
ol

or
C

ol
or

le
ss

Tu
rb

id
Sl

ig
ht

ly
tu

rb
id

Sl
ig

ht
ly

tu
rb

id
C

ol
or

le
ss

C
ol

or
le

ss
C

ol
or

le
ss

C
ol

or
le

ss
C

ol
or

le
ss

C
ol

or
le

ss

pH
8.

9
±

0.
21

8.
7
±

0.
36

8.
9
±

0.
11

9.
7
±

0.
52

8.
7
±

0.
38

8.
6
±

0.
17

8.
23

±
0.

33
8.

15
±

0.
23

8.
79

±
0.

20
8.

33
±

0.
19

Te
m

p.
(◦

C
)

18
.0
±

2
22

.8
±

2
18

.7
±

2
18

.0
±

2
20

.3
±

2
24

.0
±

2
12

.7
0
±

2
15

.4
±

2
16

.3
±

2
16

.8
0
±

0.
20

C
on

d
(µ

S/
m

)
89

.9
±

0.
18

83
.5
±

0.
19

10
3
±

0.
43

14
5
±

0.
16

10
7
±

0.
17

94
.6
±

0.
28

13
2.

9
±

0.
42

11
8.

8
±

0.
37

13
5
±

0.
42

13
9.

8
±

0.
23

T
D

S
(p

pm
)

11
5.

0
±

0.
54

12
2.

8
±

0.
39

14
1.

9
±

0.
15

21
2.

0
±

0.
37

15
0.

0
±

0.
26

13
2.

8
±

0.
27

98
±

0.
31

10
0.

8
±

0.
18

10
7
±

0.
28

97
.6
±

0.
29

Sa
lt

C
on

c.
(p

pm
)

58
.8
±

0.
24

61
.7
±

0.
33

69
.5
±

0.
26

98
.0
±

0.
53

72
.8
±

0.
39

66
.1
±

0.
36

67
.5
±

0.
28

68
.5
±

0.
43

72
.8
±

0.
43

65
.1
±

0.
54

55



Int. J. Environ. Res. Public Health 2022, 19, 11266

Table 4. Standard limits of different parameters in potable water.

Sr. No. Parameter Permissible Limit Instrument Used for
Analysis

1 Color Colorless -

2 pH 6.5–8.5 pH meter

3 Temp. (◦C) Varies with environmental
conditions Thermometer

4 TDS (ppm) 1000 TDS meter

5 Conductivity (µS/m) 400 Conductivity meter

6 Salt conc. (ppm) 250 Conductivity meter

7 BOD (ppm) 1–2 Titration

8 COD (ppm) 10 Titration

3.3. Analysis of Microbiological Load

The standard agar-plate method was used to analyze the microbial load in the wa-
ter samples. E. coli and Klebsiella sp. were most-commonly present lactose-fermenting
Enterobacter, while Pseudomonas sp. and Proteus sp. were non-lactose fermenting isolates
commonly present in all samples (Figure 3). More than 8.97 × 109 cfu/mL of bacteria
were observed in different samples based of their morphology on different media and
biochemical analysis. Svanevik and Lunestad [18] also used this method to study microbial
contaminations in water. During the microbial load analysis, it was found that all the
water samples were heavily contaminated with microorganisms, especially opportunistic
pathogens, i.e., E. coli and Pseudomonas sp., which might be responsible for the jaundice,
and this microbial load was very high as compared to that of the standard limits of WHO.
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Figure 3. Colony morphology of different microbes on different media (A.) E. coli on EMB (B.) Kleb-
siella on Klebsiella selective agar and (C.) Pseudomonas sp. on Kings B medium under UV transillumi-
nator and (D.) Proteus sp. on nutrient agar.

Further, it has been also found that microbiological load was >2.25 × 107 cfu/mL in
January–February, >4.36 × 109 cfu/mL March–April, 4.72 × 109 cfu/mL May–June,
>4.064 × 1010 cfu/mL July–August, September–October 5.54 × 109 cfu/mL and
>4.01 × 109 cfu/mL in November–December. Microbiological contamination was al-
most similar in all the samples. E. coli and Pseudomonas sp. were prominently observed
throughout the year. Presence of E. coli and Pseudomonas sp. was also even recorded in
tap water. Klebsiella sp. and Proteus sp. were also reported in the Dhalli water treatment
plant during rainy session, which might be due to infiltration of sewage from nearby vil-
lages/urban localities to the water streams. The standard limit is 2.7 × 102 cfu/mL [19],
while the microbiological load was found to be very high as compared to standard limits.
Month-wise microbiological load of all the collected samples is shown in Table 5.
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Table 5. Microbial load of different water samples.

Months

Microbial Load

Jagroti Nallah Churat Nallah Ashwani Khad Dhalli WTP

Raw Water Raw Water Raw Water Filtration Tank Raw Water Settling Tank Storage Tank Filtration Tank Public Tap 1 Public Tap 2

January–February 1.81 × 106 2.31 × 106 1.82 × 107 1.82 × 105 1.93 × 103 2.43 × 103 4.76 × 104 1.20 × 104 3.26 × 102 3.54 × 102

March–April 1.31 × 106 1.82 × 107 2.02 × 107 2.02 × 107 5.42 × 102 3.12 × 103 5.43 × 103 3.80 × 107 6.80 × 102 6.38 × 102

May–June 2.11 × 107 5.43 × 107 2.82 × 107 2.13 × 107 5.76 × 104 5.42 × 104 4.80 × 107 3.76 × 106 5.93 × 103 4.43 × 102

July–August 8.42 × 107 1.18 × 107 6.82 × 107 5.80 × 107 3.80 × 107 6.43 × 105 4.93 × 107 3.82 × 107 8.82 × 102 5.42 × 103

September–October 1.98 × 107 6.21 × 107 4.32 × 107 3.76 × 106 6.20 × 106 6.20 × 106 8.82 × 107 4.20 × 106 2.93 × 103 1.13 × 103

November–December 4.52 × 106 3.11 × 03 2.75 × 107 2.76 × 106 4.52 × 107 6.12 × 103 6.20 × 106 4.27 × 106 3.43 × 102 2.42 × 102

3.4. DO, BOD and COD Analysis

DO, BOD and COD are measured by the amount of organic compounds in water.
Biochemical/ biological oxygen demand is the amount of dissolved oxygen needed by
a biological system in water to break down organic materials present in a given water
sample at certain temperature over a specific time period. It is most commonly expressed
in milligrams of oxygen consumed per liter of sample during 5 days of incubation at 20 ◦C
and used as an index to determine organic pollution. The maximum BOD was observed in
raw water of Churat Nallah, i.e., 16.8 ± 0.053 mg/L, followed by the raw water of Ashwini
Khad water treatment plant (14.4 ± 0.065 mg/L). BOD value of public-tap water was in
range from 0.2 to 1.0 mg/L. BOD were calculated on the basis of the difference between the
DO value of the water sample on first ady and the DO value after a specific time interval
(5 days).

Chemical oxygen demand (COD) is an indicative measure of the amount of oxygen
that can be consumed by chemical reactions in the solution under test. It is commonly
expressed in mass of oxygen consumed over volume of solution, which in SI units is
milligrams per liter (mg/L). Maximum COD was observed with the raw water of Churat
Nallah (0.384 ± 0.005 mg/L). Kadam and Agrawal [20] also analyzed the BOD and COD
values to ensure potability of water. The DO, BOD and COD of samples are shown in
Table 6. BOD and COD are measures of water contamination. The higher value of BOD
indicates the presence of more biological contaminations in water [21]. The total bacterial
count and the coliform density were directly related to the biochemical oxygen demand,
but inversely related to the dissolved oxygen. Thus, tests for dissolved oxygen are of the
utmost importance for controlling water pollution [22].

Table 6. BOD and COD for different water samples.

Sr. No Sample DO (0 Day)
mg/L

DO (5 Days)
mg/L

BOD
(mg/L) COD (mg/L)

01. Blank 8 ± 0.078 7.2 ± 0.054 4.8 ± 0.049 07.00 ± 0.022

02. Ashwani Khad
raw water 4.8 ± 0.065 2.4 ± 0.022 14.4 ± 0.065 0.0228 ± 0.005

03. Ashwani Khad
Filtration tank 4.6 ± 0.028 2.4 ± 0.029 13.2 ± 0.080 0.0126 ± 0.002

04. Jagroti Nallah
raw water 4.8 ± 0.022 3.9 ± 0.077 5.4 ± 0.76 0.0128 ± 0.001

05. Churat Nallah
raw water 3.6 ± 0.053 0.8 ± 0.032 16.8 ± 0.053 0.384 ± 0.005

06. Churat Nallah
filtration tank 3.6 ± 0.049 2 ± 0.078 9.6 ± 0.069 0.348 ± 0.005

07. Dhali WTP
Sand filtration 3.2 ± 0.054 1.6 ± 0.029 9.6 ± 0.062 0.0164 ± 0.002
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Table 6. Cont.

Sr. No Sample DO (0 Day)
mg/L

DO (5 Days)
mg/L

BOD
(mg/L) COD (mg/L)

08. Dhali WTP
Settling tank 3.4 ± 0.065 1.60 ± 0.056 10.8 ± 0.045 0.0125 ± 0.003

09. Dhali WTP
filtration tank 3 ± 0.052 1.2 ± 0.055 10.8 ± 0.055 0.0064 ± 0.002

10. Blank 2 ± 0.039 1.6 ± 0.062 0.4 ± 0.059 06.80 ± 0.065

11. Churat Nallah
Raw water 1.2 ± 0.054 0.5 ± 0.067 0.7 ± 0.063 0.0232 ± 0.003

12. Dahli WTP 0.9 ± 0.022 0.3 ± 0.060 0.6 ± 0.068 0.0141 ± 0.001

13. Chlorinated
water 0.8 ± 0.065 0.5 ± 0.074 0.3 ± 0.065 0.0122 ± 0.003

14. Public tap 1
Dhalli 1.6 ± 0.067 1 ± 0.075 0.6 ± 0.047 0.254 ± 0.007

15. Public tap 2
Dhalli 1.2 ± 0.056 0.9 ± 0.025 0.3 ± 0.071 0.282 ± 0.006

16. Public tap 1
Sanjauli 1.0 ± 0.046 0.9 ± 0.072 0.3 ± 0.067 0.276 ± 0.007

17. Public tap 2
Sanjauli 1.3 ± 0.022 1.0 ± 0.069 0.2 ± 0.054 0.287 ± 0.003

18. Public tap 1
Summer hill 1.3 ± 0.049 0.8 ± 0.058 0.5 ± 0.041 0.256 ± 0.004

19. Public tap 2
Summer hill 1.4 ± 0.054 0.9 ± 0.055 0.4 ± 0.065 0.285 ± 0.006

20. Public tap 3
Summer hill 1.2 ± 0.076 1.0 ± 0.065 0.6 ± 0.065 0.263 ± 0.005

4. Discussion

Different water samples were collected month-wise from different sites of the main
water-supply sources of Shimla and almost all physiochemical parameters were found
to be suitable for potable water according to WHO standards, except microbial load.
Kistemann et al. [23] also analyzed physiochemical parameters to ensure potability of
drinking water. Behailu et al. [24] also analyzes the potability of drinking water and
found that the average pH of all samples was in the range 7.6–8.2. The average pH and
temperature of all samples were found to be 8.5 and 19 ◦C, respectively. The pH and
temperature of all water pumping sources were ambient and conducive for the growth of
opportunistic pathogens such as E. coli, Pseudomonas sp. Klebsiella sp. and Proteus sp. etc.
and resulted in higher microbial growth, which supports our findings that a microbiological
load higher than that of the permissible range of water potability standards might be a
possible reason for jaundice outbreak in Shimla. Further, shortage in the rainfall intensified
the issue and increases the concentration of microbes in the water sources, resulting in
water shortage and crisis in the hill region. The observed TDS in the present study was
varied from 75 to 225 ppm. According to the WHO, the TDS standard for drinking water
is <1000 ppm. The collective amount of all dissolved cation and anions in the water is
known as TDS and it is mainly associated with conductivity [25]. High TDS increases the
density of water, decreases solubility of gases such as oxygen, and ultimately makes the
water unsuitable for drinking [26]. The measure of competence of water to pass electrical
flow is its conductivity, which is directly related to the concentration of ions in water
coming from dissolved salts and inorganic materials such as alkalis, chlorides, sulfides
and carbonate compounds. Conductivity of drinking water is in the range of 5–50 mS/m,
(5,000,000 µS/m) [27]. Conductivity was found to be high in the month of July to September
when microbial load was high. Increase in conductivity leads to increase in microbial load
as minerals and matter provide necessary metabolites and factors for the rapid growth of
microorganisms [28]. The lower TDS and conductivity ensure the potability of water.
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BOD and COD of water samples were also analyzed using standard protocol and were
found to be higher than the permissible limit. E. coli and Pseudomonas sp. were prominently
observed in all the samples throughout the year. Both of these bacteria are opportunistic
pathogens for humans. E. coli is an indicator organism of water pollution. Water was
highly contaminated with Klebsiella sp. in the months of June, July, August and September.
Onyango et al. [29] also reported presence of E. coli and other coliforms in drinking water
during their study. Presence of E. coli or fecal contaminants in water is the main cause
for the outbreak of jaundice [30,31]. According to a report [32], the DO of drinking water
must be in the range 2–5 mg/L, BOD of drinking water 2–10 mg/L and COD 5–10 mg/L.
According to a report [33], the jaundice epidemic in 2016 was caused by contaminated
water from Ashwami Khad, from where Shimla used to acquire its largest share of water.
After the report of jaundice cases, government officials stopped the water supply from these
contaminated water sources, which increased the water shortage in the city and ultimately
deepened the water crisis.

5. Conclusions and Future Perspectives

All the water distribution channels in Shimla were badly contaminated with various
opportunistic pathogens, as revealed through our investigation. Fortunately, much less
contamination appeared in the distribution line after treatment, but microbial load was still
beyond the permitted limit. Results of this research could help the MC/IPH officials to
take remediate measures in good time. Authorities should also look for alternative water
sources to prevent any water crisis in the future that may also arise due to a shortage of
rainfall in the catchment areas. The efforts will also help to establish a cleaning schedule
for the MC water-supply sources and create proper wastewater treatment facilities for
the villages/towns situated nearby the catchment areas, to prevent the infiltration of
domestic and industrial sewage, which will help to provide safe drinking water to the
consumers in MC Shimla. Moreover, based upon our findings, the MC/IPH department
may install a heavy-duty UV system to control the heavy microbial load. Using these
recommended corrective measures, such future disasters could be avoided, and the public
of such areas will have potable drinking water free from all types of contaminants and
opportunistic pathogens.
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Abstract: Wastewater as a substrate potential for producing renewable energy in the form of biogas is
gaining global attention. Herein, nanomaterials can be utilised as a nutrient source for microorganisms
for anaerobic digestion activity. Therefore, this study explored the impact of seven different magnetic
nanomaterials (MNMs) on the anaerobic digestion of wastewater via biochemical methane potential
(BMP) tests for biogas production. The BMP assay was carried out with eight bioreactors, where each
was charged with 50% wastewater and 30% activated sludge, leaving a headspace of 20%. Aside the
control bioreactor, the other seven (7) bioreactors were dosed with 1.5 g of MNMs. This was operated
under anaerobic conditions at a mesophilic temperature of 35 ◦C for 31 days. At the degree of 80%
degradation of contaminants, the results that showed bioreactors charged with 1.5 g MNMs of TiO2

photocatalyst composites were more effective than those constituting metallic composites, whereas
the control achieved 65% degradation. Additionally, the bioreactor with magnetite (Fe3O4) produced
the highest cumulative biogas of 1172 mL/day. Kinetically, the modified Gompertz model favoured
the cumulative biogas data obtained with a significant regression coefficient (R2) close to one.

Keywords: anaerobic digestion; biochemical methane potential; chemical oxygen demand; nanoma-
terials; kinetics

1. Introduction

The development of energy-efficient centralised wastewater treatment systems to
mitigate emerging pollutants and environmental challenges associated with the water sector
is gaining global attention [1,2]. Meanwhile, there is a significant risk of freshwater and
energy resource depletion because of increasing population growth and industrialization,
as well as anthropogenic CO2 emissions [1–3].

South Africa, a country known for its scarcity of water, is also faced with high-strength
organic chemical pollutants emitted by industries such as pharmaceuticals, petrochemicals,
agrochemicals, mining, textiles, pulp and paper, and so on, posing threats to water bod-
ies [4–6]. These recalcitrant pollutants typically enter the aquatic medium via industrial
effluent that does not meet the discharge standards due to ineffective municipal Wastew-
ater Treatment Plants (WWTPs) [5,7]. Water-soluble substances, in general, are easier to
distribute and transport in the water cycle, and their direct impact on the ecosystem can be
seen in a short period of time [6,8].

Furthermore, advancements in scientific environmental assessments reveal that re-
calcitrant contaminants (such as antibiotics) can still be detected in wastewater streams
after a long period of time [9]. As a result, conventional WWTPs are incapable of dealing
with high-concentration organics and emerging contaminants (ECs) such as pharmaceuti-
cals (antibiotics), biomolecules (COVID-19 RNA), personal care products, food additives,
and customized nanomaterials [6,8]. This has piqued the interest of many water sector
stakeholders in improving the efficacy of WWTPs.
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To comply with stringent bylaws, the energy required for the operation of conven-
tional wastewater treatment plants (WWTPs) in conjunction with disposal and distribution
systems is costly (South African-German Energy Programme—GIZ-SAGEN, 2015) [4,10,11].
As a result, using wastewater treated residue as an energy resource for biogas production
to offset the WWTP’s energy consumption becomes interesting area for researchers [10,12].
Herein, anaerobic digestion (AD) has been one of the global technologies used for the
degradation of high organic content of wastewater into biogas [12].

AD, on the other hand, involves the hydrolysis of complex organics to soluble and
degradable molecules, as well as acidogenesis, acetogenesis, and methanogenesis [13,14].
Consequentially, the AD processes, which are predominantly employed as biological pro-
cesses for industrial and municipal wastewater treatment, have their own challenges [15,16].
This is because most of them either operate at a very low capacity due to the numerous
challenges posed by emerging and biorecalcitrant compounds and the rest have completely
collapsed [17–19]. Thus, this issue must be addressed to improve water quality and biogas
production. Several studies, which include reactor adjustment, addition of nanomaterials,
co-digestion, etc., have been adopted over the years to curb this challenge [18,20].

Nanomaterials have exceptional size-dependent properties (10–150 nm), making them
indispensable and superior for a wide range of applications. Examples include chitosan,
titanium dioxides (TiO2), iron oxides, zinc oxides, zeolites, carbon nanotubes, copper oxides,
and so on [21–23]. Furthermore, the presence of most of these chemical additives (iron- and
aluminium-based coagulants) alters the chemistry of the sludge, resulting in complex organic
contents. As a result, reducing sludge production while increasing caloric value via biological
treatment in conjunction with NPs is a possibility [22,24–26]. A study by Ajay, et al. [20]
reports that these metal NPs (iron, cobalt, nickel etc.) are inorganic additives that serve as
micronutrients to the microorganisms in the AD to enhance methane and biogas production.

In this vein, the current study was conducted, where the application of magnetic
nanomaterials for wastewater treatment using the biochemical methane potential test was
evaluated to ascertain the effects on contaminant removals, the methane and biogas yield.

2. Materials and Methods

The wastewater and sludge were obtained from the eThekwini municipal wastewater
treatment plant (Umbilo) in South Africa’s KwaZulu-Natal province of which the samplings
of the wastewater and sludge were performed at the biofiltration system (BS) of the plant.
The wastewater and sludge were characterized in accordance with water and wastewater
examination standard methods [27]. The results obtained are shown in Table 1. The
nanomaterials used in this study was synthesized using the co-precipitation synthesis
method, which has been detailed in studies by Tetteh, et al. [28], Amo-Duodu, et al. [29],
and Amo-Duodu, et al. [30]. The characteristics of the nanomaterials have been reported
in these studies. The selection of these nanomaterials was conducted based on a study by
Amo-Duodu, et al. [31].

Table 1. Characterization of wastewater and activated sludge samples.

Wastewater
Parameters Biofiltration System (BS)

Chemical oxygen demand (COD) (mg/L) 2380 ± 32
Colour (465 nm, Pt.Co) 570 ± 7.6

Turbidity (NTU) 73.2 ± 12.5
pH 7.42 ± 3.6

Activated sludge
Total Solids (TS) (mg TS/L) 304.5 ± 23.6

Volatile Solid (VS) (mg VS/L) 229.5 ± 2.65
VS/TS (%) 75.37 ± 3.5
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2.1. Biochemical Methane Potential (BMP) Test

The BMP test was performed in accordance with the protocol reported by Jingura and
Kamusoko [13] and Hülsemann, et al. [14] to attest to the effectiveness of the synthesized
magnetic nanomaterials (MNMs) used for the study. This was completed using 8 Duran
Schott bottles (1 L bioreactors) with air-tight caps and three outlets on each cap, which were
placed in a thermostatic water bath (Figure 1). Table 2 presents the wastewater, activated
sludge, and MNPs load distribution for each bioreactor. After charging the bioreactors
(A–H), they were purged with nitrogen gas for 2 min and allowed to stand for two days
to create an anaerobic environment. The bioreactor systems (A–H) were then run at a
temperature of 35 ◦C for 30 days. The downward displacement technique was used to
monitor the daily amount of biogas produced.
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Figure 1. The schematic diagram of the biochemical methane potential (BMP) test setup.

Table 2. Experimental matrix for BMP test.

Setup MNPs Loading (g) Symbol (s) Wastewater (L) Sludge (L)

A 1.5 Fe3O4 mF 0.5 0.3
B 1.5 NiFe2O4 NmF 0.5 0.3
C 1.5 CuFe2O4 CmF 0.5 0.3
D 1.5 TiO2Fe2O4 TmF 0.5 0.3
E 1.5 ChitosanTiO2Fe2O4 ChTmF 0.5 0.3
F 1.5 CuTiO2Fe2O4 CTmF 0.5 0.3
G 1.5 ALTiO2Fe2O4 ATmF 0.5 0.3
H No MNPs (Control) n/a 0.5 0.3

2.2. Water Quality Analysis

At the end of the 30-day digestion period, samples of the supernatant were taken and
analysed from each setup. The remaining content was decanted from each setup, leaving the
sludge behind for analysis. Before analysing, 5 mL of supernatant liquid was measured and
diluted with distilled water using a dilution factor of 10. The reactor efficiency was calculated
by estimating the contaminants removal (Equation (1)). The first-order and modified Gom-
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pertz models were used to determine the degree of degradation and stability of the biological
system as a function of the cumulative biogas data obtained for a given run.

Reactor e f f iciency =

(Ci − C f

Ci

)
× 100 (1)

where, Ci = Substrate influent and C f = Substrate effluent.
Additionally, the cumulative biogas data obtained was fitted on a modified Gompertz

model and first-order kinetics model as expressed in (2) and (3), respectively. This was
used to estimate the biogas yield.

Y(t) = Ym.exp
(
−exp

[
2.7183Rmax.

Ym
[λ− t]

]
+ 1

)
(2)

Y(t) = Ym [1− exp(−kt)] (3)

where Y(t) = Cumulative methane yield (mL/g COD), Ym = maximum methane yield
(mL/g COD), k = rate constant (1/day), Rmax = maximum methane production rate
(mL/g COD.day), k = (Rmax.e/Cm) = maximum specific substrate uptake rate per the
maximum biogas production (1/day), λ = Lag phase (day), and t = time (day).

3. Results and Discussion

The biostimulation effect and treatability efficiency of MNMs (Table 2) by each biore-
actor (setup A–G), compared with the control system (setup H), is presented in this section.
This was based on the BMP results obtained.

3.1. Effect of MNMs on Contaminants Removal from BS Wastewater

The BMP test’s treatability performance was evaluated, and the contaminants’ removal
(%COD, %colour, %turbidity) from the BS wastewater sample was evaluated for each
bioreactor. From the findings of the study, magnetised photocatalyst (TmF) had a high
significance in the removal of specific contaminants in wastewater samples (Figure 2) of a
removal efficiency of COD, colour, and turbidity, which was found to be 91.60%, 78.95%,
and 97.81%, respectively.
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Figure 2 depicts the outcome of evaluating MNMs for the treatment of BS wastewater,
where setup D with MNM (TmF) performed admirably with approximately 79% colour
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removal. This could be because the additive MNM (TmF) is composed of TiO2 and Fe,
which are trivalent ions with high oxidation-reduction properties capable of oxidizing
a wide range of organic pollutants [32–34]. In this case, the overall performance of the
MNM-containing bioreactors was found to be preferable and superior to that of the control
bioreactor H (no MNM). The order of COD degradation was found to be F (93.70%) >
A (92.59%) > B (91.90%) > D (91.60%) > E (90.76%) > C (88.07%) > G (79.83%) > H (54.96%).

The colour and turbidity removal performance of the bioreactors with MNMs was
compared to the control (setup H). It was observed that the control has a removal of 45.61%
and 60.79% for colour and turbidity removal, respectively, as shown in Table 3 and Figure 2.
The removal efficiency of colour for the bioreactors with MNMs dosed had above 60% and
a turbidity removal above 80%, as presented in Table 3. The findings also suggested that
bioreactors with MNMs composed of TiO2 photocatalyst (ChTmF, ATmF, TmF, and CTmF)
had good biodegradability of the contaminant, which could be attributed to their high
sorption ability for high-strength organic contaminants [35]

Table 3. The water quality analysis for BS wastewater.

Setup COD Removal (%) Colour Removal (%) Turbidity Removal (%)

A 92.59 74.86 94.13
B 91.90 61.98 91.94
C 88.07 73.68 84.56
D 91.60 78.95 97.81
E 90.76 68.77 95.90
F 93.70 72.63 95.36
G 79.83 55.61 96.45
H 54.96 45.61 60.79

A (mF), B (NmF), C (CmF), D (TmF), E (ChTmF), F (CTmF), G (ATmF), and H (no MNM).

3.2. Biogas and Methane Yield of BMP System for BS Wastewater

Figure 3 depicts the cumulative biogas production of reactors A-H. Bioreactor A,
dosed with magnetite (mF) additives, produced 1172 mL/day of biogas, which was almost
double that compared to control reactor H (525 mL/day). This result was in contrast to
reactor D with MNM (TmF), which was very effective for water quality improvement
efficiency for colour and turbidity removal, as reported by other studies [22,36,37]. TmF is
a well-known photocatalyst whose surface is more active and gets excited when exposed
to UV-light [38]. This excitation causes the release of electrons and holes radicals, which
help in the adsorption of contaminants and reduction of CO2 to methane in the presence
of hydron ions [38–40]. However, in this study the TmF was not exposed to any UV-light;
hence, it was not as effective as it could have been, and this could be the reason for the
above observation of its low biogas yield. Similarly, the increase in biogas production
validates previous reports because MNMs produce radical ions that act as a reducing agent
during methanogenesis activity, as shown in Equation (4) [15,18,41].

CO2 + 4H2 → CH4 + 2H2O (4)

Figure 4 depicts the methane yield for the BMP setups A-H. The findings of this study
support previous research on the use of MNMs and other trace metal solutions such as Fe, Cu,
Ni, Zn, Ti, and Mg for biogas generation and methane enhancement [42–44]. Liang, et al. [43]
reported on the usage of iron-based nanomaterials to enhance methane and biogas generation.
Aside from biogas production, the MNM additions improved the methanation mechanism.
This resulted in a significant percentage (>80%) of methane composition as compared to the
control setup H (Figure 4). Thus, setups A, B, C, and D recorded >90% methane composition,
but the control (setup H) had a methane output of 65%. Importantly, the increase in methane
content is very efficient in terms of heat and power consumption.
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3.3. Kinetic Study of the BMP System

Kinetic modelling was used as an acceptable method to determine the kinetic con-
ditions of the bioreactors as a function of the biogas produced. This was carried out to
obtain information about the reactor’s kinetic degradation to avoid impending AD reactor
failure due to poor operation [45]. The obtained cumulative biogas data was fitted using the
modified Gompertz and first-order models to ascertain the substrate–microbe utilization
for the biogas production [18,45]. Table 4 and Figure 5 show that the systems fitted better
on the modified Gompertz models with R2 values greater than 0.98. Clearly, the results
(Figure 3) indicate that the presence of MNM additives accelerated the kinetics degradation
activity, which increased the biogas production [45]. As a result, the models’ predicted bio-
gas values were relatively higher than the measured biogas values (Yt). In essence, the BS
wastewater stream data from the bioreactors with MNM additives favoured the modified
Gompertz kinetic model, with their lag of phase (λ) being within 4–9 days, attesting to the
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reactor’s rapid response [45]. Moreover, the minimum sum of squares errors (SSE) denotes
the models’ statistical significance (p > 0.05) and predictability. Likewise, it may provide
knowledge on how to design an industrial-scale reactor operating under similar conditions
to be viable with MNM additives.

Table 4. Summary of the kinetic study for bioreactors: A (mF), B (NmF), C (CmF), D (TmF),
E (ChTmF), F (CTmF), G (ATmF), and H (no MNM) fitted on first-order and modified
Gompertz models.

Modified Gompertz Model First-Order Model

Setup Measured
Yield, (mL/day)

Predicted
Yield (mL/day), Y2

Y1–Y2
(mL/day) R2 Predicted

Yield (mL/day), Y3

Y1–Y3
(mL/day) R2

A 1172 1460 288 0.9931 1872 700 0.9688
B 1028 1316 288 0.9943 1956 928 0.9689
C 1004 1174 170 0.9986 1372 368 0.9786
D 848 986 138 0.9952 3476 2658 0.9758
E 804 899 95 0.9960 3387 2583 0.9716
F 710 729 19 0.9854 1162 452 0.9618
G 553 557 4 0.9813 584 31 0.9404

A (mF), B (NmF), C (CmF), D (TmF), E (ChTmF), F (CTmF), G (ATmF), and H (no MNM).
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first-order and modified Gompertz kinetic models.

4. Conclusions

The magnetic nanomaterials (MNMs) investigated demonstrated having potential
to enhance the AD process methanogens’ rapid response for biogas production, reduc-
ing sludge production and improving the wastewater treatment quality. A biochemical
methane (BMP) test was used in this study to evaluate the MNMs’ biostimulation effect
on anaerobic digestion of wastewater for biogas production and treated wastewater for
reuse. This also enhanced the kinetic stability of the AD system and improvement of the
biogas produced. MNMs composed of TiO2 photocatalyst composites (ATmF, TmF, CTmF,
and ChTmF) were found to be more effective than those composed of metallic composites.
Furthermore, the degree of degradation with BMP setups charged with MNMs demon-
strated 70–80 percent removal of the COD, colour, and turbidity when compared to the
control system, which achieved 50–65 percent efficiency without any MNM additives. It is
found that bioreactor with TmF additives demonstrated a critical pathway for converting
wastewater into circular-economy resources (energy).
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Abstract: Sludge dewatering is an important link in sludge treatment. In practical engineering, the
dewatering effect of unconditioned sludge is very poor. The use of advanced oxidation technology
can improve sludge dewatering performance, reduce sludge capacity, and remove micro-pollutants,
which is beneficial for sludge post-treatment and disposal. Based on the current status of sludge
conditioning and dehydration, the characteristics of the advanced oxidation method for sludge
dehydration were systematically explained using various free radical reaction mechanisms and dehy-
dration conditions. The effects of various advanced oxidation technologies on sludge conditioning
and dewatering has been extensively discussed. Finally, the application prospects of the advanced
oxidation technology in sludge conditioning and dewatering are presented.

Keywords: advanced oxidation technology; sludge reduction; sludge conditioning; sludge dewatering;
oxidation

1. Introduction

Considerable achievements have been made in China’s sewage treatment industry
through the completion and operation of a large number of urban sewage treatment plants.
The sharp increase in the amount of sewage treatment plants has led to the production
of a large amount of activated sludge, which has led to a gradual increase in the load on
sewage treatment plants [1]. Sludge treatment has become a key challenge for the Chinese
water industry [2]. Sludge has the characteristics of high-water content, large volume, and
high treatment cost, showing the performance of the fluid or semi-fluid state, causing great
inconvenience for subsequent transportation and treatment [3].

Research focus. The main methods of sludge treatment are sanitary landfills and
incineration. The moisture content of the sludge be less than 60% and 50%, respectively,
based on the requirements of sanitary landfills and incineration [4]. In most cases, the
moisture content of excess sludge is more than 95%, and there are four main types of
sludge water, namely free water, interstitial water, adsorbed water, and bound water.
After the excess sludge is concentrated, the moisture content is slightly reduced but still
cannot meet the requirements of sanitary landfill and incineration [5]. Hence, further deep
dewatering is required. Deep dewatering helps to protect the environment, strengthen
land use, reasonably degrade a large amount of sludge pollutants, and ensure the safe
integration of sludge resources into the circular ecosystem [6].

The methods of sludge conditioning include physical conditioning, chemical condi-
tioning, and biological conditioning [7]. In physical conditioning, the microbial cells in the
sludge are destroyed by physical methods, the structure of the sludge is changed, the bind-
ing effect of the sludge and water is reduced, and the inner water is released [8]. Among
them, thermal conditioning has obvious effects on improving the dewatering rate of most
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sludges, but the treatment effect on sludges with low organic content is poor. Although
microwave conditioning time is short, requires low heating temperature, has high thermal
efficiency, and uses simple equipment, it requires a certain amount of sludge [9]. Freeze
conditioning can be achieved spontaneously without adding the chemical additives, and
the cost is low, but the scope of use is limited [10]. Ultrasonic conditioning has a high
level of efficiency and environmental protection, and has application prospects, but its
principle of action and complex effects are still to be discussed further [11]. Overall, the high
energy consumption and high equipment cost of physical conditioning limit its large-scale
use [12]. Microbial conditioning promotes mutual coagulation and precipitation of colloidal
suspensions in water and improves sludge dewatering performance [13]. Microbial condi-
tioning has strong advantages, such as high efficiency, non-toxicity, no secondary pollution,
biodegradation, compact sludge floc, and a wide range of application [14]. However, the
current research on such flocculants is not comprehensive, the research level is low, the
mechanism of flocculants is not fully understood, and there are problems, such as large
dosage, high production costs and low relevance [15].

Chemical conditioning is widely used as the optimal choice in the context of the
comprehensive comparison. Advanced oxidation (AOP) is a typical chemical regulation
method, and the free radicals it produces have strong oxidative effects [16]. Free radicals are
generated by different oxidants, and different oxidants generate different free radicals with
different reaction mechanisms [17]. Extracellular polymer (EPS) is the main component of
sludge, and its components can promote the flocculation of sludge. However, too high an
EPS content would lead to deterioration of the dehydration results due to hydrophilicity
and strong intermolecular forces [18]. Therefore, reducing the EPS content and increasing
its hydrophobicity is beneficial to the removal of water. Under the oxidation of AOP, EPS
is effectively hydrolyzed, which weakens the strong binding ability of EPS and release
the bound water in the sludge, thereby improving the dewatering performance of the
sludge [19]. Advanced oxidation is an efficient sludge reduction treatment technology with
characteristics of strong oxidizing ability, enhanced sludge-water separation effect, and
it is not easy to generate secondary pollution [20]. Its application in the field of sludge
treatment has gradually developed into a research focus in recent years.

This paper focuses on the application of different oxidation methods in sludge dewater-
ing improvement and analyzes their applications in sludge dewatering and micropollutant
removal. We have found that the advanced oxidation method destroys the EPS by free
radicals, breaks the complex bond between water molecules and organic matter, reduces the
hydration energy, dissolves the microbial cell wall, and helps the degradation of sludge and
the removal of micro-pollutants in the sludge system. Hydroxyl and sulfate ions are more
beneficial for improving the dewatering performance of sludge. However, before choosing
the oxidizing agent and the AOP method, geographical conditions, purpose of use, level of
economic development, and climatic conditions should be considered. This review could
provide researchers with new ideas to employ multiple approaches for advanced oxidation
by generating different or identical free radicals, thereby making it possible to develop new
methods of dehydration that are more efficient, economical, and environmentally friendly.

2. Application of Hydrogen Peroxide in Sludge Dewatering

As a common oxidizing agent, hydrogen peroxide is widely used in advanced oxida-
tion processes in Figure 1. The strongly oxidizing hydroxyl radicals formed in hydrogen
peroxide play an important role in water treatment. Hydroxyl radicals inactivate bacteria
during disinfection and release water through oxidation of EPS during sludge dewatering.
Hydroxyl free radicals can also damage the cell wall of microorganisms or bacteria, increase
the permeability of the cell membrane, destroy the cell wall, and release the intracellular
water from the cell [21]. The Fenton system refers to a mixed system composed of Fe2+ and
H2O2 [22]. Under acidic conditions, Fe2+ acts as a catalyst to promote the decomposition of
H2O2 into hydroxyl groups with high reactivity. If Fe3+ is present, a Fenton-like process
takes place at the same time, in which Fe2+ ions are formed in the Fenton process [23]. Fe3+
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also reacts with water in solution and generating Fe2+ and hydroxyl radicals [24]. In the
generation of ·OH by Fenton or Fenton-like methods, Fe2+ plays a key role in the initiation
and progression of the reaction.
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H2SO4 was used to adjust the pH of the sludge. Under the optimal dosage of Fe2+

and H2O2, the SRF and CST of the sludge were reduced to 6.149 × 109 m/kg and 15.7 s,
which were 93% and 48.5% lower than the original sludge, respectively, indicating that the
sludge dewatering effect is significantly improved [25]. LIU is also in the optimal dose.
The sludge specific resistance SRF decreases by 95% below pH = 5, w(Fe2+) = 40 mg/g DS,
w(H2O2) = 32 mg/g DS, lime = 400 mg/g DS [26]. Fenton’s reagent has been shown to be
an effective strong oxidant in several experiments, but it also has several shortcomings and
limitations. The pH of most Fenton reactions is below 4, which increases the burden on
subsequent sludge treatment. In order to overcome this difficulty, the dewatering perfor-
mance of sludge was tested under five systems, namely, Fenton-lime, Fenton, Fe3+, Fe2+,
and H2O2, and it was found that the Fenton-lime, Fenton, Fe3+ system could significantly
reduce the sludge SRF and CST [27]. Among them, Fenton and lime together adjusted the
sludge, which can increase the pH while maintaining a good dehydration effect. Tao et al.
further studied the effect of combining iron-rich biochar with H2O2 on sludge dewatering
ability [28]. The iron contained in biochar combines with H2O2 to accelerate the Fenton
reaction, and red mud is added as a framework material during the reaction. The WC of
the mud cake decreased from 96.49% to 46.38%, and the CST and SRF decreased by 90.24%
and 98.01%, respectively. The addition of biomass charcoal increases the drainage channel,
which promotes the outflow of more sludge water under the same pressure during the
dehydration process, thereby improving the dehydration efficiency.

Under the coupling action of Fenton, light, and ultrasonic waves, the polysaccharides
in the sludge filtrate increased significantly, the particle size of the sludge became smaller
than that under the action of Fenton oxidation alone, and the dewatering performance was
significantly enhanced. Fenton oxidation coupled bioleaching with can improve sludge
dewatering performance and remove trace metals in sludge [27–29]. For example, when
the dosage of bioleaching 5d and H2O2 was 2 g/L, the removal effect of each micro-metal
was significantly improved, and the removal rate of Cd increased from 90% to 99.5%, the
removal rate of Cu and Zn increased from 60% to 70%, and Pb removal rate increased from
20% to 39% [29].
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As shown in Table 1, the use of Fenton-type Fenton oxidation is fast, economical,
and environmentally friendly, and the sludge dewatering performance and stability are
significantly improved. The coexistence of Fe2+ and H2O2 can have an oxidizing effect. In
addition, Fe3+ can also improve the dehydration performance. However, Fe3+ reacts with
hydroxyl to form hydroxide precipitate, which increases the alkalinity of the solution and
has a certain influence on the precipitation of Fe3+. Meanwhile, the generation of ·OH will
be hindered if the H2O2 is excessive [30]. Therefore, researchers further strengthen sludge
dewatering through Fenton coupling technology, which aids in the complete mineralization
of organic matter, removes harmful substances such as trace metals in sludge, and reduces
the environmental hazard of sludge. The Fenton reagent is coupled with the skeleton con-
struct composite conditioner, which can form a rigid grid structure with high permeability
in the mud cake, reduce the compressibility of the mud cake, and further enhance the dehy-
dration effect. The Fenton reaction conditions are also acidic, and a neutralizing agent must
be added to make the filtrate close to neutral. Yu used lime as the neutralizer, and through
the corresponding surface design, the pH of the filtrate was increased under the premise
of ensuring the dehydration effect [31]. Lime was used as the sludge floc skeleton, which
can transfer part of the pressure to the inside of the floc under high pressure and provide a
channel for water release [32]. However, lime production generates a considerable amount
of CO2, and therefore red mud has been used as a neutralizer to cause the red mud to form
a new mineralization stage and a hard network structure to help free water flow out [33].
In addition, slaked lime, pulverized coal, lignite, and sulfuric acid modified fly ash are
also commonly used in the sludge conditioning process. Therefore, the combined use of
Fenton reagent and physical conditioner can effectively improve the sludge drying rate
and reduce the pH value of the filtrate, but issues, such as high treatment cost and low
utilization rate of hydroxyl radicals, persist. Through the coupling of Fenton technology
with light and ultrasonic waves, the cost of conditioners can be reduced effectively, the
scope of application of sludge can be increased, and is more environment friendly as it
ensures the dewatering effect.

Table 1. Study results of enhanced sludge dewatering by hydrogen peroxide pretreatment.

Preprocessing Method Optimal Pretreatment Conditions Conditioning Dehydration Effect Ref.

Fenton Fe2+: 5000 mg/L; H2O2: 6000 mg/L CST reduction: 48.5%; SRF reduction: 93.3% [25]

Fenton Fe2+: 25 mg/g DS; H2O2: 50 mg/g DS CST reduction: 95.0% [34]

Lime + Fenton Fe2+: 40 mg/g DS; H2O2: 32 mg/g DS;
pH: 5; Lime: 400 mg/g DS

SRF reduction: 95.0% [26]

Lime + Fenton Fe2+: 47.9 mg/g DS; H2O2: 34.3 mg/g DS;
pH: 6.6 ± 0.2; Lime: 43.2 mg/g DS

Water content: 55.8 ± 0.6% [27]

Lime + Fenton Fe2+/H2O2: 50/30 mg/g DS; pH: 3;
Lime: 50 mg/g DS; t: 10 min

SRF reduction: 90.0% [27,32]

Red mud + Fenton Fe2+: 31.9 mg/g DS; H2O2: 33.7 mg/g DS;
Red mud: 275.1 mg/g DS

Water content: 59.8 ± 0.4% [33]

Bioleaching + Fenton H2O2: 2.0 g/L; t: 5 d CST reduction: 89.8%; SRF reduction: 83.8% [29]

Iron rich biochar + Fenton Biochar: 0.792 g/g VS; H2O2: 0.072 g/g VS CST reduction: 90.2%; SRF reduction: 98.0%;
Water content: 46.0% [28]

3. Application of Persulfate in Sludge Dewatering

As shown in Figure 2, compared with the advanced oxidation process of hydrogen
peroxide, one of the advantages of the sulfate oxidation method is that the raw material is
solid, which makes it easy to transport and store. Persulfate (PS) and peroxymonosulfate
(PMS) are commonly used as sulfate-generating oxidants [35]. Persulfate can ionize per-
sulfate ion (S2O8

2−) in water. Its oxidizing ability is comparable to that of ozone, and its
oxidation potential is 2.01 V. Under the catalytic activation of light, heat, transition metals,
etc., a large amount of ·SO4

− can be generated, and the oxidation potential is up to 2.60 V.
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The advanced sulfate oxidation process also has other excellent advantages, such as longer
half-life and wider operating pH range (2–10).
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Zhen et al. used activated persulfate to enhance sludge dewatering for the first
time and reported that at room temperature, persulfate in the pH range of 3.0–8.5 was
catalytically activated by transition metal ions (Fe2+) and acted on excess sludge, which
could significantly improve the sludge dewatering performance [36]. In addition, when the
S2O8

2− and Fe2+ were 1.2 mmol/g (calculated by the dosage in 1 g of volatile suspended
matter VSS, the same below) and 1.5 mmol/g, the CST decreased rapidly, which could be
reduced by 88.8% within 1 min. The ·SO4

− produced by Fe2+ catalytic activation has strong
oxidizing property. ·SO4

− can destroy the floc structure of sludge, release EPS bound
water and intracellular bound water, and greatly improve the dewatering performance of
sludge. Zhou et al. used zero-valent iron instead of Fe2+ as S2O8

2− inducer and found that
when K2S2O8 was 4 g/L and Fe0 was 15 g/L, the sludge CST was reduced by more than
50%. Heat treatment was introduced into the Fe2+/S2O8

2− pretreatment system and the
iron-sulfur oxidation-heat coupling integrated sludge enhanced dewatering technology
was constructed. Moreover, the disintegration of EPS and separation of sludge and water
were strengthened through a synergistic mechanism, which effectively reduced the dosage
of chemicals and saved costs. When the temperature was 80 ◦C, the Fe2+ dosage was
1.2 mmol/g, and the S2O8

2− dosage was 1.5 mmol/g, the CST decreased by 96.5% (88.8% at
normal temperature), the structure of the sludge floc was destroyed, and the bound water
of EPS was released. The sludge dewatering efficiency also improved greatly [37].

As shown in Table 2, different from Fenton oxidation, when activated persulfate
is used to enhance sludge dewatering, pH adjustment is not required, and thus, the
operation is simple, fast and efficient. It is an efficient and promising sludge pretreatment
enhanced dewatering technology. The ·SO4

− produced by Fe2+/S2O8
2− can realize high-

efficiency degradation of EPS, and under the coupling action of low-pressure electrolysis
Fe2+/S2O8

2−, the micellar structure of sludge bacteria and the microbial cell wall are
dissolved and destroyed, resulting in a large amount of sludge and the releasing of floc
interstitial water and intracellular bound water. However, the oxidation of S2O8

2− and Fe2+

and its derivative processes are still in the exploratory stage. The effect of using zero-valent
iron to replace Fe2+ as a spontaneous catalyst is not ideal because Fe0 needs to dissolve
and decompose Fe2+ first, and then induce S2O8

2− to form ·SO4
−, and the surface of Fe0 is

easily passivated, resulting in the failure of Fe0 in the inner core, and thus, the dehydration
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efficiency cannot be compared with that of Fe0. Fe2+ is comparable to [38]. In addition,
the oxidation potential of persulfate is 2.01 V when applied to sludge dewatering, the
reaction rate is too low, and the effect is not ideal. However, under the catalytic activation
of heat, light, transition metals, etc., persulfate can generate a large amount of ·SO4

−, and
the oxidation potential is as high as 2.60 V. High heat and high-pressure pretreatment
destroys the sludge floc structure and improves the sludge dewatering performance, but
the heat treatment consumes considerable energy, and thus, the operating cost is high.
Electrolysis is also an effective method for sludge conditioning and enhanced dewatering,
and the sludge treatment by electrolysis has little effect on the environment. However, the
results showed that although low-pressure electrolysis alone could improve the sludge
dewatering efficiency, it had limited effect on the closely attached EPS. In the future,
the sludge enhanced dewatering process and theoretical system based on Fe2+/S2O8

2−

oxidation should be further enriched and improved to provide reserve technologies for the
front-end safety treatment and end-end ecological disposal of sludge.

Table 2. Study results of enhanced sludge dewatering by persulfate pretreatment.

Preprocessing Method Optimal Pretreatment Conditions Conditioning Dehydration Effect Ref.

Fe2+/S2O8
2− Fe2+: 1.5 mmol/g; S2O8

2−: 1.2 mmol/g CST reduction: 88.8% [36]
Fe2+/S2O8

2− Fe2+: 1.5 mmol/g; S2O8
2−: 1.2 mmol/g; T: 80 ◦C CST reduction: 97.0% [37]

Fe0/S2O8
2− Fe0: 15.0 g/L; S2O8

2−: 4.0 g/L CST reduction: 50.2% [39]
Fe0/S2O8

2− Fe0: 2.0 g/L; S2O8
2−: 0.5 g/L CST reduction: 90.0% [40]

Electrolysis + Fe2+/S2O8
2− Fe2+: 0.5 mmol/g; S2O8

2−: 0.4 mmol/g; Water content: 82.5% [41]

Acid-ZVI/PMS ZVI: 0.15 g/g DS; Oxone: 0.07 g/g DS; pH: 3 CST reduction: 19.6%;
Water content: 76.3% [42]

Fe2+/PMS PMS 0.1 g/g TSS; Fe2+ 0.5 g/g TSS
CST reduction: 66.0%;
SRF reduction: 88.0% [43]

4. Application of Ozone in Sludge Dewatering

As shown in Figure 3, the mechanism of action of O3 includes direct and indirect
reactions. Ozone first destroys the sludge floc structure by oxidizing EPS and bridges and
breaking up the colloidal structure. Since ozone has a strong oxidizing power, it damages
cell membranes, releasing intracellular and extracellular substances into the liquid phase.
Ozone can react with EPS and soluble substances in cells, including proteins, polysac-
charides, and intracellular substances containing C, N, and P. Intracellular substances
containing C can generate volatile fatty acids, resulting in a drop in pH. Ozone can also
mineralize dissolved EPS and organic matter released by cells to generate CO2 and H2O,
resulting in a reduction in the amount of ozone that reacts with the sludge. After ozonation,
the mixed liquor suspension and mixed liquor volatile sludge suspended solid were re-
duced due to cell lysis. Authors should discuss the results and how they can be interpreted
from the perspective of previous studies and of the working hypotheses. The findings and
their implications should be discussed in as broad a context as possible. Future research
directions can also be highlighted.

Chacana et al., treated the primary and digested sludge with ozone, and found that
the SCOD and biodegradable COD of the primary sludge did not increase under the action
of ozone oxidation; however, part of the organic matter was mineralized and converted
to CO2 [44,45]. When the ozone mass concentration was 37.8 mg/g SS, the oxidation
efficiency was the best, but the sludge CST increased significantly from (25.5 ± 2.4) s to
(289.0 ± 25.9) s, and the filtration performance decreased significantly [46] because the size
of the sludge flocs becomes smaller, and part of the free water is converted into adsorbed
water. The polysaccharides and proteins in the filtrate increased from (4.46 ± 0.21) mg/L to
(220.90 ± 24.87) mg/L and from (6.26 ± 0.28) mg/L to (386.54 ± 32.15) mg/L, respectively.
The polysaccharides and proteins in EPS also move into the sludge when the intracellular
polysaccharides and proteins are released. Therefore, polysaccharide and protein content
increased while EPS decreased. Demir et al. also confirmed that after ozone treatment, the
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water content of the sludge cake was reduced and the sedimentation rate was accelerated,
which could improve the mud-water separation efficiency to a certain extent, but the sludge
SRF increased and the filtration performance decreased [45]. The degree of mineralization
of sludge increased after O3 treatment, VSS/SS decreased from 0.86 to below 0.50, and
35% to 95% of solid carbon was mineralized. Weemaes reported that with an O3 dosage
of 0.2 kg/kg COD, approx. 67% of the solid organic components were converted, 29% of
which were dissolved, and the remaining 38% were directly mineralized [47]. After sludge
ozonation, both inorganic and organic matter was dissolved into the supernatant, and
the reduced value of MLVSS was slightly smaller than that of MLSS. The decrease in the
MLVSS is the main reason for the decrease in the MLSS. With the increase in O3 dosage, the
organic matter entering the supernatant becomes much larger than the inorganic matter,
and thus, the sludge VSS/SS decreases with the increase in the degree of ozonation, thereby
promoting the invisible growth of the sludge and reducing the sludge dry base production.
The higher the soluble organic matter (SCOD), the more favorable for the subsequent
aerobic/anaerobic digestion of the sludge. Thermal-chemical technology was used to treat
sludge and it was found that SCOD increased significantly during O3 treatment [48]. At an
O3 dose of 0.1 g/g DS, the SCOD increased from 240 mg/L to 960 mg/L. The increased
SCOD can be attributed to O3 disrupting the microbial cell wall and releasing the cytoplasm
into solution [49]. At the same time, the SCOD increase in the O3 strong oxidizing treatment
solution of is used to ensure that the quality of the effluent during the O3 treatment process
is up to the standard. The recirculation of ozonated sludge meant that the O3 treatment
process did not affect the quality of the effluent. In this experiment, the SS and SCOD
values of the effluent remained at 10 and 15 mg/L, respectively, while the dry sludge yield
was greatly improved.
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As shown in Table 3, the dewatering performance of sludge was significantly reduced
after ozonation because as the size of the sludge flocs becomes smaller, part of the free water
is converted into adsorbed water, the cells are ruptured, the intracellular substances and
extracellular polymers enter the liquid phase, and the interstitial water and bound water
content increased. When ozone and chitosan (CT) were combined for sludge conditions,
effective sludge dewatering results were observed [50]. In the ozone/CT system, EP and
sludge cells were destroyed by ozone, and CT as a coagulant could increase the size
of sludge flocs and enhance the dewatering ability. Accordingly, rational control of the
amount of O3 can stimulate its catalytic oxidation performance. At present, ozone is
generally used as a catalytic material to catalyze the formation of ·OH from H2O2, which
is used to strengthen sludge dissolution and methane fermentation. After ozonation,

78



Int. J. Environ. Res. Public Health 2022, 19, 9287

the hydrophobicity of sludge decreased, and the hydrophilicity increased. The effect of
ozone on enhancing sludge dewatering is very limited, but ozone treatment promotes
the anaerobic digestion process of sludge and improves methane yield. The anaerobic
fermentation treatment of the excess sludge after ozone treatment can strengthen the
anaerobic fermentation speed and increase biogas production, which has a significant
effect on the energy conversion and reduction of sludge [51]. However, high ozone dose
or long pretreatment time will lead to mineralization of dissolved organic matter and
inactivation of key microorganisms, which is not conducive to methane production and
energy recovery [52]. High cost is the main obstacle restricting the engineering application
of ozone sludge treatment. In practice, factors such as sludge reduction and input cost
should be considered comprehensively [53].

Table 3. Study results of enhanced sludge dewatering by ozone pretreatment.

Preprocessing Method Optimal Pretreatment Conditions Conditioning Dehydration Effect Ref.

O3 O3: 37.8 mg/g SS SS reduction: 13.5%;VSS reduction 11.9% [46]
O3 O3: 0.5 g/g TS SS reduction 77.8%; VSS reduction 71.6% [45]
O3 O3: 0.1 g/g COD Methane growth rate: 180% [47]
O3 O3: 0.1 g/g DS Methane growth rate: 25% [49]
O3 O3: 50 mg/g DS SS reduction: 49.1%; VSS reduction: 45.7% [52]

O3 + CT O3: 60 g/g TS; CT 20 mg/g TS Water content: 56.5% [29,50]

5. Application of Permanganate and Ferrate in Sludge Dewatering

Recent research and applications have promoted the addition of H2O2 and PS/PMS as
substrates that serve as catalysts for the production of hydroxyl and sulfate ions in Figure 4.
In addition, potassium permanganate oxidation and ferrate oxidation can also be used as
reliable oxidation methods in AOP. Under the catalysis of ferrous iron, permanganate can
generate manganese dioxide with strong oxidation. Different forms of manganese dioxide
can generate strong oxidizing·O2

− in the dark. Iron in ferrate is in an oxidized state and has
a strong oxidizing property. At the same time, ferrate act as a flocculation when reduced to
iron ions or ferric hydroxide.
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Fe2+ and ZVI have catalytic effects on potassium permanganate, and under the catal-
ysis of Fe2+, KMnO4 can react with it to generate strong oxidizing manganese dioxide
(MnO2) [54]. After the sludge treatment, the WC, CST, and SRF of the sludge can be
reduced effectively, and the effect is stronger than that of KMnO4 alone. The use of Fe(II)-
KMnO4 has a highly effective effect on water purification, which includes the oxidation
and flocculation ability of organic matter, and has been widely used in the treatment of
high algae and arsenic-containing water. Likewise, heat or acid treatment prior to oxidation
has also been proven effective, reducing the moisture content to 59.32%. It can be seen that
permanganate itself has a certain oxidizing ability, and the catalytic system can improve the
oxidizing ability of the permanganate. Under acidic and neutral conditions, the addition of
ferrate can reduce WC in sludge without the aid of catalytic reagents. When using biochar
as a framework material, the WC reduction is less than 60%. Therefore, the use of ferrate
requires control of the appropriate pH for ferrate addition to work [55].

As shown in Table 4, the combined application of the potassium permanganate oxi-
dation method can effectively improve sludge dewatering. The Fe(II)-KMnO4 system can
be combined with pyrolysis sludge-based carbon (SBC) to construct a Fe-Mn-SBC system
which aims to effectively adsorb AS(III) in groundwater and remediate groundwater pol-
lution. Ferrate (VI) is also used in water treatment as a strong oxidant and disinfectant
because iron is in the +6-oxidation state [56,57]. The oxidation mechanism is the strong
oxidation of ferrate in the reduction process. The oxidizing power of ferrate (VI) is highly
dependent on pH, water composition, type, and concentration of contaminants. Ferrate (VI)
has a flocculation effect when reduced to iron ions or ferric hydroxide, and is an economical,
energy-saving, and environmentally friendly chemical reagent, but maintaining a certain
pH value will increase the use of acid/base and generate additional costs. In the latest
study, Wu et al. found that when the ferrate (VI) system was formed using a combination
of UV and ferrate (VI), the oxidative power increases and superoxide radicals could be
generated. This result is more significant for the degradation of phenolic pollutants [58].
Through the coupling of ferrate and permanganate with other technologies, the cost of
conditioners can be effectively reduced, the scope of application of sludge can be increased,
and on the premise of ensuring the dewatering effect, is more environmentally friendly.

Table 4. Study results of enhanced sludge dewatering by permanganate and ferrate pretreatment.

Preprocessing Method Optimal Pretreatment Conditions Conditioning Dehydration Effect Ref.

TA + Fe0/KMnO4 KMnO4 0.4 mM/g DS; Fe0 2.5 mMg/g DS; T: 45 ◦C Water Content: 60.1% [54]
Ferrate (VI) VI: 25.3 mmol/L; T: 25 ◦C; pH: 7.0 tetrabromobisphenol A reduction: 99.1% [57]

K2FeO4 K2FeO4: 1200 mg/L; pH: 3 SRF reduction: 30.5%; Water content: 73.4% [55]
UV + Ferrate (VI) VI: 0.1 g/L; pH: 7.0; UV: 0.198 mW/cm2 2,4-DCP degradation growth rate: 1020% [58]

KMnO4 + Fe2+ KMnO4/Fe2+ = 3/1 (mass ration) SRF reduction: 83.8% [59]

6. Application of Other Technologies in Sludge Dewatering

As shown in Figure 5, wet air oxidation (WAO) is a high-temperature and high-
pressure oxidation treatment technology for organic or inorganic substances using oxygen
as an oxidizing agent in a solution. Organic or inorganic substances can be converted
into carbon dioxide, water, and biodegradable short-chain organic acids, with acetic acid
being the most important short-chain organic acid. The influencing factors include reaction
temperature, reaction pressure, pH value of the solution, reaction time, properties of the
object to be treated, and the catalyst dosage. Heavy metals such as Cu and Ni, can be used
as catalysts for wet air oxidation, namely catalytic wet air oxidation (CWAO). CWAO is
developed based on WAO, with fast response speed and low running cost.
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In wet air oxidation, insoluble organics substances are first converted into simple
soluble organics by dissolution, and then further oxidized to carbon dioxide, water, and
readily biodegradable intermediates [60,61]. The study found that the temperature in
WAO had a significant influence on the dewatering performance of the sludge, and the
dewatering performance was significantly improved at high temperature. In addition,
the SCOD first increased and then decreased with increasing temperature, that is, the
dewatering performance of the sludge was closely related to the soluble organic matter it
contained. At a pressure of 24 MPa and under a constant amount of oxygen, the degradation
rates of TSS and VSS increased from 74% and 85% to 85% and 92%, respectively, with
a temperature increase from 220 ◦C to 240 ◦C, indicating an increase the temperature,
thereby reducing the concentration of total/volatile suspended solids in the sludge [62].
High temperatures can promote the degradation of suspended solid SS [63]. Liang also
confirmed that sludge dewatering performance is related to VSS% [32]. In addition to the
reaction temperature, the oxygen content also has an influence on the sludge wet oxidation.
The TSS/VSS value decreased with increasing oxygen content, indicating that changing
experimental conditions affects the concentration of suspended matter. Therefore, to study
the interaction between different influencing factors, the RSM method was used to analyze
the effects of reaction temperature, oxygen dosage and reactor speed on the TSS, VSS
and TCOD concentrations of the sludge at 5 and 60 min [64]. The three factors had a
significant impact on the concentrations of TSS, VSS, and TCOD, and when the reaction
reached 60 min, the rotation rate factor was p > 0. Throughout the course of the reaction,
the reaction temperature is the main influencing factor. However, increasing the reaction
temperature and oxygen dose promoted both the removal rate of TSS, VSS, and SS and the
sludge yield.

A large number of studies have shown that WAO can be used directly in municipal
sludge treatment, affecting sludge settling/dewatering performance, TSS and VSS content,
TOC distribution, etc. Temperature and oxygen concentration have independent or syner-
gistic effects on oxidation by affecting reaction kinetics or organic matter dissolution and
gas-liquid mass transfer rates [65]. Organic carbon can be practically used as a denitrifying
carbon source. Urrea studied the effects of reaction time, sludge characteristics and catalyst
on TOC in the sludge supernatant, and found that the TOC concentration increased with
the reaction time, and the TOC concentration was higher in the presence of the catalyst [61].
Since the supernatant contains a variety of organic carbons, especially acetic acid, Strong
uses the supernatant as a denitrifying carbon source to obtain a good denitrification effect.
However, WAO has the disadvantages of high energy consumption and high equipment
investment. The WAO after adding the catalyst can speed up sludge conditioning and
reduce the operating cost, and has a wide application background, but the catalyst of
CWAO is heavy metal. CWAO faces challenges, such as catalyst separation and recovery
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and poisoning from by-products [66]. In the future, CWAO and WAO are planned be
developed towards low cost, high stability, and easy recovery of toxic by-products.

7. Conclusions

This paper provides an overview of the application of various advanced oxidation
technologies to improve sludge dewatering efficiency and demonstrates the applicability
and efficiency of various advanced oxidation technologies to remove sludge contaminants.
After treatment with Fenton’s reagent and activated persulfate, sludge dewatering perfor-
mance and sludge-water separation efficiency improved significantly. Fenton, Fenton-like,
and Fenton coupling technologies can not only enhance sludge dewatering but also ef-
fectively remove micro-metals in sludge to achieve sludge detoxification. Compared to
ozone and H2O2, activated persulfate oxidation is more efficient in sludge dewatering. It
can achieve rapid sludge dewatering in 1 min and persulfate is easy to store. Moreover,
the generated ·SO4

− has a wider range of applications. It can play a role in the pH range
and allow the remaining sludge to be treated at different pH levels. In contrast, ·OH is
more beneficial in reducing SRF and sludge water content. It is worth noting that the
oxidizing power of ·SO4

− is surpassed only to ·OH. At the same time, the external energy
input significantly promoted the oxidation of free radicals and reduced the amount of
the corresponding reagents that need to be added. The sludge treated with ozone had an
improved sedimentation performance, which had an enhanced effect on further anaerobic
fermentation. Both wet air oxidation and supercritical water oxidation were carried out
at high temperature, high pressure and oxidant, and the organic matter in the sludge was
directly oxidized into carbon dioxide, water, and intermediate products. The addition of
permanganate and ferrate alone did not significantly improve the corresponding dehy-
dration indices. Relevant catalytic means should be employed in these systems to exploit
the potential level of free radical oxidation. There is a need to develop more conditioning
and enhanced dewatering technologies for sludge dewatering, involving simple process,
high efficiency, low consumption, environmentally friendly and low carbon. Therefore,
optimizing the combination of advanced oxidation technology to achieve complementary
advantages can maximize the advantages of advanced oxidation technology in sludge
reduction applications.
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Abstract: Sludge dewatering is the fundamental process of sludge treatment. Environmentally
friendly and efficient sludge conditioning methods are the premises of sludge to achieve dehydration
reduction and resource utilization. In response to sewage plant sludge dehydration, fly ash (FA),
polymerized aluminum chloride (PAC), and polymer sulfate (PFS) were studied separately to de-
termine their sludge dehydration performance, and the effects of these three conditioner composite
regulations on sludge dehydration properties were studied. Compared to the sludge treated only with
conditioner, the average particle size of floc increased and the organic matter content in the filtrate
decreased. The sludge dewatering efficiency after the conditioning effect is better than that after
conditioning a single conditioner. After PFS conditioning with fly ash, the water content and specific
resistance (SRF) of the sludge cake can be reduced to 76.39% and 6.63 × 1010 m/kg, respectively.
The moisture content and specific resistance (SRF) of the sludge cake can be reduced to 76.10% and
6.91 × 1010 m/kg, respectively. The pH of the sludge and filtrate changed slightly after PAC con-
ditioning with fly ash coupling. These results indicate that fly-ash coupled with PAC and fly-ash
coupled with PFS are expected to become a novel and effective environmental protection combined
conditioning method for sludge dewatering.

Keywords: sludge conditioning; sludge dewatering; conditioner; fly ash; flocculation

1. Introduction

Great things were achieved in the sewage treatment industry with the completion and
operation of a large number of municipal sewage treatment plants [1]. The proliferation of
wastewater treatment has led to the production of a large amount of activated sludge, which
has gradually increased the load on sewage treatment plants, and wastewater treatment
has become a key challenge for global water management [2]. However, the wastewater
treatment industry has long been “heavy water and light sludge”, resulting in a serious
lag of the water treatment industry in terms of sludge treatment level, technology and
capital investment [3]. At present, the sludge generated by a large number of wastewater
treatments cannot be effectively treated and disposed of, and the persistent heavy metals
and persistent organic pollutants in the sludge will pose a great threat and challenge to
the natural environment, such as atmosphere, water, and soil [4]. Among other things,
the high moisture content of sludge becomes the bottleneck in sludge treatment and
disposal, and the high moisture content and low bulk density of sludge pose problems in
storage, transportation, and economic costs [5]. Therefore, the sludge must be dewatered
immediately. Mechanical dewatering is widely used in wastewater treatment plants, but
the efficiency of mechanical dewatering of sludge is limited due to the hydrophilicity of
extracellular polymers [6]. Therefore, before mechanical dewatering, the sludge needs
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to be pre-treated to reduce the moisture content of the sludge and improve the sludge
dehydration efficiency.

The commonly used sludge conditioning methods include physical conditioning,
chemical conditioning, and biological conditioning. At present, physical conditioning is
a sludge conditioning method that destroys the microbial cells in the sludge by physical
methods, changes the structure of the sludge, and reduces the binding effect of the sludge
and water, thereby releasing the internal water [7]. Although physical conditioning can
reduce the moisture content of the sludge, each has its own advantages and disadvantages
due to its different mode of action. Among them, thermal conditioning has obvious effects
on improving the dewatering rate of most of the sludges, but the treatment effect on
low-organic sludges is small [8]. Although the microwave treatment time is short, the
heating temperature is low, the thermal efficiency is high, and the equipment is simple,
the microwave treatment has requirements on the amount of sludge entering the sludge.
Freeze conditioning can be carried out spontaneously, without chemical additives and
inexpensively, but is limited in its scope. Ultrasonic conditioning has high efficiency and
environmental protection and application prospects, but its working principle and complex
effects need to be further discussed [9].

Overall, the high energy consumption and the high equipment costs of the physical
conditioning restrict its large-scale use. Microbial conditioning promotes mutual coagula-
tion and precipitation of colloidal suspensions in water and improves sludge dewatering
performance. Microbial conditioning has powerful benefits such as: high efficiency, non-
toxicity, no secondary pollution, biodegradation, compact sludge flakes and a wide range of
applications [10]. However, the current research on such flocculants is not comprehensive,
the research level is low, the mechanism of flocculants is not fully understood, and problems
such as large dosage, high production cost, and poor suitability arise.

Chemical conditioning is widely used as the optimal choice among broad comparisons.
In general, chemical conditioning is mainly divided into inorganic and organic polymer
conditioning [11]. At present, the widely used inorganic chemical conditioning agents
mainly include polyferric sulfate (PFS), polyaluminum chloride (PAC), polyaluminum
ferric chloride (PAFC), and polyaluminum silicate (PASiC). Organic conditioners have
different electrical properties. Cationic and amphoteric are more commonly used as flakes
are often negatively charged [12]. The use of inorganic conditioning agents for chemical
conditioning has the advantages of easy availability of raw materials, easy manufacture
and low cost, and it is very effective in removing fine suspended particles in sludge [13].
These advantages greatly increase the amount of sludge, reduce the fertilization efficiency
and calorific value of the sludge, and also bring heavy metals into the sludge, posing a
threat to the environment. Organic polymer conditioners have many types, each with
its own advantages [14]. However, the organic flocculants have the disadvantage that
they are difficult to degrade and the residual monomers are toxic. There are certain
disadvantages due to physical, chemical, and microbial conditioning alone, and combined
conditioning technology has become a research focus in recent years [15]. Combined
conditioning can reduce the compressibility, the amount of chemicals added, and the cost
of conditioning, and improve the dewatering performance of the sludge [16]. The research
and development of efficient, low-consumption, safe and stable flocculants is the direction
and goal of flocculant research in view of the currently increasing water pollution and ever
stricter environmental regulations.

This study was used for sludge pretreatment with PAC, PFS, and fly ash. Sludge
ratio resistance SRF was used as an indicator of sludge dewatering properties with sludge.
Filtrate pH, sludge pH, filtrate COD, sludge SEM, filtrate UV spectrum, and floc particle
size were the most intuitive evaluation indices of dewatering performance. By examin-
ing the influence of different chemical conditioning agents on different indicators, the
main influencing factors of the three aforementioned conditioners are optimized, the
sludge conditioning mechanism of different conditioners is discussed, and the sewage
treatment plant is measured in different ways. The effect of sludge dewatering perfor-
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mance is enhanced to provide a reference for sludge pretreatment technology of sewage
treatment plants.

2. Materials and Methods
2.1. Materials

Polymeric ferric sulfate, ammonium molybdate, silver sulfate, ferric nitrate, cerium
nitrate, cobalt nitrate, potassium sodium tartrate, and ascorbic acid were all of analytical
grade and were purchased from Sinopharm Chemical Reagent Co., Ltd. (Shanghai, China).
Mercury sulphate and potassium antimony tartrate were all of analytical grade and were
purchased from Shanghai McLean Biochemical Co., Ltd. (Shanghai, China). The fly ash
was taken from a coal chemical enterprise in Jiangsu. Cationic polyacrylamide (CPAM) was
purchased from Jiangyin Huadong Water Treatment Co., Ltd. (Wuxi, China). The actual
sludge water sample was taken from a sewage treatment plant in Jiangsu, and the original
sludge quality is shown in Table 1.

Table 1. Original sludge quality index.

Sludge Index Moisture Content of Raw Slduge (%) Organic Matter Content (%) SRF (m/kg) pH Value

Numerical value 98.90 46.30 2.97 × 1012 7.51

2.2. Sludge Conditioning and Dehydration Experiments

Sludge conditioning experiments were carried out with fly ash, PAC, and PFS. For
different coagulants, six groups of samples of 500 mL each were taken each time, and
different concentrations of coagulants were added into them. DS is the abbreviation for
Dry Solid Content. According to the pre-experiment, different fly ash dosages (e.g., 5, 10,15,
20, 25, 30 g/g DS) were selected. Different dosages of PAC (e.g., 50, 100, 150, 200, 250,
300 mg/g DS) and PFS (e.g., 50, 100, 150, 200, 250, 300 mg/g DS) were used to improve the
sludge dewatering performance. After addition of the agent, we spun at 200 rpm for 30 s,
then spun at 60 rpm for 3 min and let stand for 30 min before dehydration. After selecting
the optimal fly ash dosage, the above steps were repeated for fly ash combined with PAC
and fly ash combined with PFS.

Sludge dewatering adopts vacuum filtration. First, the wet filter paper is spread out
in the cloth funnel. After removing the air bubbles, the dosed sludge was injected into the
cloth hopper and the vacuum filtration pressure is maintained at 0.05 MPa. It was filtered
for 2 min and the duration of the suction and the filtrate volume suctioned off during the
corresponding time were recorded. After dosing and stirring, the pH of the sludge was
measured. After the sludge was dewatered, the filtrate was taken out, and the pH of the
filtrate and the COD of the filtrate, and the UV spectrum of the filtrate were measured. The
SRF is calculated from the measurements taken during the dewatering of the sludge. After
drying the sludge cake, moisture content, SEM, fractal dimension, and micrograph of the
filter cake were measured.

2.3. Sludge Index Analysis Method

COD was measured with a Hach analyzer (COD analyzer, DR1010, Hach Company,
Loveland, CO, USA); the particle size analysis of the sludge cake was determined with
a laser particle size analyzer (laser particle size analyzer, Winner2018, Jinan Micro-Nano
Particle Instrument Co., Ltd., Jinan, China); and the UV of the filtrate was measured with
a UV/visible spectrophotometer (UV/visible spectrophotometer, UV-5500PC, Shanghai
Yuanyan Instrument Co., Ltd., Shanghai, China) in the entire UV band (GB 6920-86).

3. Results
3.1. Effect of PFS Dosage on Sludge Dewatering Performance

As shown in Figure 1, the SRF of the sludge first decreased and then increased with
increasing PFS dosage. When the PFS dosage is 200 mg/g DS, the lowest sludge specific
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resistance SRF is 2.10 × 1011 m/kg. The change trend of the moisture content of the
filter cake is the same as that of the sludge specific resistance SRF. At the PFS dosage of
200 mg/g DS, the minimum moisture content of the filter cake was 86.52%. With increasing
PFS dosage, the COD of the filtrate first decreased and then increased. When the PFS
dosage is 200 mg/g DS, the minimum COD content of the filtrate is 110 mg/L. The pH of
the filtrate decreased rapidly with the increasing in PFS dosage and then stabilized. When
the PFS dosage was 300 mg/g DS, the pH of the filtrate was at least 3.50. The pH of the
sludge decreased gradually with the increasing in PFS dosage. When the dosage of the PFS
was 300 mg/g DS, the lowest sludge pH was 3.62.
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Figure 1. Effect of PFS dosage on sludge dewatering performance: (a) PFS dosage on SRF and filter
cake moisture content, (b) PFS dosage on filtrate COD, filtrate pH and sludge pH.

Figure 1 shows that PFS can improve the filtration performance of the sludge. However,
when the PFS dosage reached the optimum, the sludge specific resistance SRF did not im-
prove significantly. When the PFS dosage exceeds 200 mg/g DS, the sludge resistivity SRF
obviously increases, showing the inhibitory effect of sludge dewatering performance [17].
The reason is that when the PFS concentration is too high, the long-chain molecules may
adhere to each other and cannot be stretched effectively, thereby reducing the total amount
of adsorbed sludge colloidal particles and the flocculation efficiency. The tendency of the
moisture content of the sludge cake to change was similar to the sludge specific resistiv-
ity SRF, which further indicated that excess PFS had an inhibitory effect on the sludge
dewatering performance [18]. The COD of the filtrate first decreased and then increased
because Fe3+ dissolved in water and neutralized the negative charge on the sludge surface,
hence causing the sludge flocs to aggregate into large particles to settle and form hydroxide
precipitates. The organic matter in the sludge remains in the sludge cake. When the PFS
dosage is too high, the long chains of PFS will combine with each other, and the organic
matter cannot be efficiently flocculated into large particles and becomes trapped in the
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sludge cake. The pH of the sludge and filtrate decreased because PFS was essentially an
intermediate product of polynuclear hydroxyl complexes, and the mechanism of action
was close to that of organic polymers. The adsorption of PFS and particulate matter is
actually a surface complex coordination, and the surface hydroxyl groups will supplement
unsaturated sites [19]. After adsorbing the particles on the surface of PFS, they will still
absorb hydroxyl groups from the solution and continue the hydrolysis and precipitation
process until they become saturated and become a hydroxide precipitation gel. Thus, the
pH of the sludge and filtrate are acidic. After considering the three indicators of SRF,
moisture content of the sludge cake, and COD in the filtrate, the optimal PFS dosage is
200 mg/g DS.

3.2. Effect of PAC Dosage on Sludge Dewatering Performance

As shown in Figure 2, with increasing the PAC dosage, the SRF of the sludge first
decreased and then increased. When the PAC dosage was 200 mg/g DS, the lowest SRF of
sludge specific resistance was 2.40 × 1011 m/kg. The change trend of the moisture content
of the filter cake is the same as that of the sludge specific resistance SRF. When the PAC
dosage was 200 mg/g DS, the minimum moisture content of the filter cake was 86.00%.
With the increase in PAC dosage, the COD of the filtrate first decreased and then increased.
When the PAC dosage was 200 mg/g DS, the minimum COD content of the filtrate was
67 mg/L. The pH of the filtrate decreased slowly with the increase in PAC dosage. When
the PAC dosage was 300 mg/g DS, the pH of the filtrate was at least 6.05. The pH of the
sludge decreased gradually with the increase in PAC dosage. When the PFS dosage was
300 mg/g DS, the lowest sludge pH was 6.66.
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As shown in Figure 2, the addition of PAC can greatly reduce the specific resistiv-
ity SRF of the sludge, so that the sludge has good dewatering performance. When the
sludge specific resistance SRF was reduced to 2.40 × 1011 m/kg, and the PAC dosage
further increased, the sludge dewatering performance did not improve significantly, and
the sludge specific resistivity had a gradually increasing tendency. Similar to the addition
of excess PFS, excess PAC also exhibited an inhibitory effect on sludge dewatering per-
formance because when the dosage is too high, the surface of the colloid may be covered
by the inorganic PAC macromolecule [20]. When the two colloidal particles are close to
each other, they cannot aggregate due to the mutual repulsion between the PAC macro-
molecules, thereby resulting in a “colloidal protective” effect. The flocculation effect is
reduced or even restabilized. Therefore, part of the organic matter in the sludge can-
not be retained in the sludge cake, hence increasing the COD of the filtrate when the
amount of PAC is too high. The change trend of the moisture content of the filter cake is
similar to that of the SRF, which further indicates that an adequate amount of PAC can
promote the dewatering performance of the sludge [21]. The hydrolysis intermediate of
PAC has a higher positive charge, and due to the stronger electrical neutralization and
pollutants, PAC has less effect on the filtrate pH and sludge pH than PFS. Compared with
PFS, the specific resistance of sludge conditioned by PAC was slightly higher than that of
2.10 × 1011 m/kg after conditioning by PFS because cell lysis helps to release intracellular
water under acidic conditions, thereby further improving the sludge dewatering perfor-
mance. After considering the three indicators of SRF, sludge cake moisture content and
filtrate COD, the optimal PAC dosage was 200 mg/g DS.

3.3. Effect of Fly Ash Dosage on Sludge Dewatering Performance

As shown in Figure 3, as the fly ash dosage increased, the SRF of the sludge first
decreased and then increased. When the fly ash dosage is 10 g/g DS, the minimum SRF
is 1.03 × 1011 m/kg. The moisture content of the filter cake gradually decreased with
increasing fly ash dosing. When the fly ash dosage is 30 g/g DS, the minimum moisture
content of the filter cake is 66.95%. The COD of the filtrate increased gradually with the
addition of fly ash. When the fly ash dosage was 5 g/g DS, the COD content of the filtrate
was at least 9 mg/L. The pH of the filtrate gradually increased with the fly ash dosing.
When the fly ash dosage was 30 g/g DS, the pH of the filtrate was at its highest at 7.91.
With increases in fly ash dosage, the pH of the sludge slowly increased. When the fly ash
dosage was 30 g/g DS, the sludge pH was up to 7.60.

Figure 3 shows that fly ash can improve the dewatering performance of sludge. The
raw sludge flocs are loose and few internal filtration channels are observed, and separating
the water from the sludge is difficult, thereby making the filtration speed very slow. Form-
ing a porous structure within the fly ash particles is easy. Due to its small particle size and
strong surface adsorption capacity, a charge neutralization effect occurs after mixing with
the sludge. When the surface tension is larger than the adsorption force of the sludge on
the adsorbed water, the sludge adsorbed water can be separated. In addition, after mixing
the fly ash with the sludge, it can absorb the sludge flocs and form a skeleton structure with
its particles as the center, which reduces the compressibility of the sludge, builds a water
filter channel for the sludge cake, and reduces the sludge viscosity, which significantly
reduces the sludge dewatering time [22]. If the amount of fly ash is too large, the fly ash will
accumulate itself, clogging the water filter channel and increasing the sludge resistivity. The
trend in moisture content of fly ash and PAC and PFS conditioned sludge cakes is different,
showing that the moisture content of conditioned sludge cakes continues to decrease. The
reason is that the fly ash dosage is significantly increased compared to PAC and PFS, which
significantly increases the total solid content in the sludge [23]. When the amount of fly ash
reaches a certain level, the decrease in the moisture content of the sludge is caused only by
the increase in the solid content and has nothing to do with the properties of the fly ash
itself. Therefore, under high dosage, the moisture content of the filter cake shows a rapidly
declining trend. The COD of the filtrate continues to increase because fly ash is a tiny
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ash particle discharged during the combustion of fuel, which contains unburned carbon,
calcium silicate, and anorthite [24]. When the fly ash is added to the sludge, hydrolysis
takes place, increasing the COD of the filtrate and making the solution weakly alkaline.
Therefore, the pH of the sludge and filtrate slowly increases. With full consideration of
economic benefits and dehydration performance, the fly ash was tested at 10g/g TS by
coupling PFS and PAC.
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3.4. Effect of Fly Ash Coupled with PFS on Sludge Dewatering Performance

As shown in Figure 4, the sludge SRF first decreased and then increased with increasing
PFS dosage. When the PFS dosage was 200 mg/g DS, the lowest specific resistance of
sludge was 6.63 × 1010 m/kg. The moisture content of the filter cake first decreased
and then increased again with increasing in PFS dosage. When the PFS dosage was
200 mg/g DS, the minimum moisture content of the filter cake was 76.39%. The COD of the
filtrate first decreased and then increased with the PFS dosage. When the PFS dosage was
200 mg/g DS, the minimum COD content of the filtrate was 37 mg/L. The pH of the filtrate
gradually decreased with increasing PFS dosage. When the PFS dosage was 300 mg/g DS,
the pH of the filtrate was at least 5.51. With the increase in PFS dosage, the pH of the sludge
gradually decreased and tended to be flat.
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Figure 4. Effect of fly ash coupled with PFS on sludge dewatering performance: (a) the effect of PFS
dosage on SRF and filter cake moisture content, (b) the effect of PFS dosage on filtrate COD, filtrate
pH, and sludge pH Influence.

Figure 4 shows that fly ash coupled with PFS can significantly improve sludge filtration
performance. Under the same conditions, fly ash coupled with PFS can improve the sludge
dewatering effect. Fly ash provides an unobstructed water filtration channel and allows
the PFS to play a better role by changing the microstructure of the sludge and its own
adsorption performance [25]. When the PFS dosage is too high, the long-chain structure
of the PFS itself sticks together, so that the electrostatic charge of the particles is positive,
which leads to the stability of the particles, the specific resistance of the sludge, the moisture
content of the filter cake, and the COD of the filtrate [26]. The changing trends of the filter
cake pH and sludge pH were consistent with the addition of PFS alone, but the pH of sludge
and pH of filtrate after PFS conditioning in combination with fly ash were greater than
those after PFS conditioning alone. This phenomenon shows that PFS adsorbs hydroxyl
groups from the solution to make the sludge acidic, and the calcium silicate and anorthite
in the fly ash can neutralize a certain acidity after dissolving in water, which will affect
the sludge pH and pH of the sludge can increase filtrate [27]. After considering the three
indicators of SRF, sludge cake moisture content, and filtrate COD, the optimal PFS dosage
became 200 mg/g DS.

3.5. Effect of FA-Coupled PAC on Sludge Dewatering Performance

As shown in Figure 5, with the increase in PAC dosage, the sludge SRF first decreased
and then increased. When the PAC dosage was 150 mg/g DS, the lowest SRF value was
6.91 × 1010 m/kg. With increasing PAC dosage, the moisture content of the filter cake
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first decreased and then increased again. When the PAC dosage was 150 mg/g DS, the
minimum moisture content of the filter cake was 76.10%. The COD of the filtrate first
decreased and then increased with the increase in PFS dosage. When the PAC dosage
was 200 mg/g DS, the minimum COD of the filtrate was 26 mg/L. The pH of the filtrate
decreased gradually with the increase in the PAC dosage and tended to be gentle. When
the PAC dosage was 300 mg/g DS, the pH of the filtrate was at least 7.31. The pH of the
sludge decreased gradually with the increase in PAC dosage. When the PAC dosage was
300 mg/g DS, the pH of the sludge was the lowest at 7.04.
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Figure 5 shows that the fly ash coupled with PAC can improve the filtration perfor-
mance of the sludge. In the process of sludge conditioning by fly ash coupled with PAC,
the hydrolyzate interacts with the colloid in the sludge through charge neutralization and
adsorption bridging, which reduces the surface charge of the sludge particles, aggregates
the sludge particles into clusters, and increases the concentration of sludge particles. Larger
sludge particle size increases sludge density. By forming a “skeleton”, the fly ash recon-
structs the sludge structure, plays a supporting role in the subsequent dehydration process,
and provides a water filter channel [28]. When the PAC dosage is too high, the long-chain
structure of the PAC itself sticks to each other, which makes the electrostatic charge of the
particles positive, which leads to the stability of the particles, blocks the fine pores formed
by fly ash, and increases the specific resistance of the sludge [29]. The trend of change in the
moisture content of the sludge cake was similar to that of the sludge resistivity SRF, further
indicating that excess PFS had an inhibitory effect on sludge dewatering performance. With
a suitable PAC dosage, the organic matter can be retained effectively and the COD of the
filtrate gradually decreases [30]. If the PAC dosage is too high, the organic matter in the
sludge cannot be retained effectively. In addition, the fly ash contains unburned carbon.
When the fly ash is added to the sludge, hydrolysis takes place, increasing the COD of the
filtrate. The change trend of filter cake pH and sludge pH is consistent with the trend of
adding PAC alone and coupled with PFS by fly ash, but the pH of the sludge and filtrate
after the conditioning of fly ash coupled with PAC is greater than that of adding PFS alone
and coupled with fly ash. The sludge pH and filtrate pH after PFS conditioning indicate
that the hydrolysis intermediate of PAC has a higher positive charge than PFS, which is
mainly due to the strong electric neutralization and contaminant interaction [31]. Calcium
silicate and anorthite in fly ash can neutralize certain acidity after being dissolved in water
and can also increase the pH of sludge and filtrate. After considering the three indicators
of SRF, sludge cake moisture content, and filtrate COD, the optimal PAC dosage was
200 mg/g DS.

3.6. Floc Structure after Sludge Conditioning

As shown in Figure 6, after adding different conditioners, the particle size distribution
follows the same rule: with the increase in particle size, it all shows a trend of first increasing
and then decreasing. The D50 of the sludge conditioned by PFS, PAC, FA, fly ash coupled
with PFS, and fly ash coupled with PAC were 2.82, 1.68, 0.39, 2.92, and 1.74 µm, respectively.
The median particle size of the sludge conditioned by fly ash coupled with PFS was
significantly smaller than other conditioners.

Figure 6 shows that the flocs of the raw sludge are loose. The addition of the com-
pound conditioner can neutralize the negative charge on the surface of the flocs, reduce the
repulsive force between colloidal ions, and make the flocs prone to collision and aggrega-
tion, thus forming flocculation particles with large particle size and dense structure. By
comparing the size of the sludge flocs under the optimal dosage of the five conditioners,
the size relationship of the median particle size of the sludge particles after conditioning
by the five conditioners is: fly ash coupled with PFS > fly ash Coupling PAC > PFA >
PFS > PAC. The size of the flocs conditioned by the PFS conditioner is larger than that
of the PAC conditioner. During the coagulation process, PFS tends to hydrolyze to form
insoluble hydroxide precipitates because the hydrolysis rate of PFS is higher than that of
PAC [32]. The order of the median particle size of flocs does not completely correspond
to the sludge conditioning performance, indicating that the particle size formed during
the sludge conditioning process is not the only factor that affects the sludge dewatering
performance [33]. The long-chain structure of PFS and PAC helps to form larger floc size.
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3.7. Effects of Different Conditioners on UV of Filtrate

As shown in Figure 7, the raw sludge and the conditioned sludge filtrate show
clear absorption peaks between 190 nm and 230 nm. The peak of the original sludge is
192.9 nm, and the absorbance is 4.0223. The peak of the sludge filtrate after PFS condition-
ing was 197.9 nm, and the absorbance was 3.3556. The peak of the sludge filtrate after PAC
conditioning was 193.6 nm, and the absorbance was 2.5271. The peak of the sludge filtrate
conditioned by fly ash is 194.1, and the absorbance is 3.342. The peak of the sludge filtrate
conditioned by fly ash coupled with PFS is 192.7 nm, and the absorbance is 2.3378. The
peak of the sludge filtrate conditioned by fly ash coupled with PAC was at 193 nm, and
the absorbance was 2.1510. The absorbance of the conditioned sludge was less than 4.0223.
Among them, the absorbance of sludge filtrate conditioned by fly ash coupled with PAC
was lowest.
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Figure 7 shows that the raw sludge has clear UV absorption peaks at 190–230 nm, of
which 190–230 nm is the characteristic band of organic acids and aromatic compounds.
Therefore, many refractory aromatic compounds were observed in the raw sludge. After
treatment with the conditioner, the absorption peaks at 190–230 nm were significantly re-
duced, indicating that most of the aromatic compounds had been removed. The absorption
peaks of the PAC and FA conditioned sludge filtrate at 200,230 nm exceed those of the
original sludge, which may be due to the destruction of unsaturation during aromatics
degradation [34]. The results show that fly ash coupled with PFS and fly ash coupled with
PAC can effectively reduce organic acids and aromatic compounds in sludge filtrate.

3.8. Effect of Conditioner on Fractal Dimension of Sludge Floc

Figure 8 and Table 2 show the sludge cake with rough surface and tight internal
structure after dehydration by PFS alone. The sludge cake prepared by fly ash alone has
a loose structure and a spongy structure with spherical particles of different sizes on its
surface. The sludge cake treated with PFS and PAC has a large number of pore structures
and cracks and spherical particles on the surface. The sludge conditioned only by PAC
and PFS has a dense structure, large floc volume, and less pore structure, which is not
conducive to reducing the moisture content of the sludge cake. The surface of fly ash
has many spherical particles with smooth surface. Microspheres play a crucial role in the
adsorption of sludge flocs. The skeletal structure of fly ash maintains the permeability of
the filter cake during compression and dehydration, which helps resist the deformation of
the cake body, but the amount of fly ash is large. From the analysis of conditioning ability,
to use only a single conditioner for sludge conditioning is not an ideal method of removing
organic matter and sludge structure [35]. The pore structure of sludge conditioned by
PAC-coupled fly ash and PFS-coupled fly ash was significantly improved and the number
of pores increased, providing water filtration channels and reducing the compressibility of
the sludge organic matter. PAC and PFS increase floc size through charge neutralization
and net sweeping, which aids floc settling and drying [36]. Therefore, the fractal dimension
of sludge conditioned by PAC-coupled fly ash and PFS-coupled fly ash is smaller. The
results show that the sludge cake surface micromorphology results correspond to the
sludge dewatering performance.
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Table 2. Fractal dimension of sludge cake under optimal dosage.

Conditioner PFS PAC Fly Ash Fly Ash +PFS Fly Ash + PAC

Fractal
dimension 2.03 1.99 1.96 1.91 1.86

4. Conclusions

Fly ash can effectively reduce the moisture content of the sludge, and the fly ash
dosage of 10 g/g DS can reduce the sludge specific resistance SRF to 1.03 × 1011 m/kg.
After continuously increasing the fly ash dosage, it no longer had a significant impact on
reducing the sludge specific resistance. The dosage of PAC and PFS, which can effectively
reduce the sludge resistivity, is small when used as a single agent for sludge conditioning,
but the moisture content of the filter cake is high. Considering the economic factors
of sludge treatment and disposal, fly ash coupled with PAC and fly ash coupled with
PFS were selected as composite conditioners for deep dewatering of sludge. The fly
ash of 10 g/g DS coupled with PAC of 200 mg/g DS can reduce the sludge-specific
resistance SRF, the moisture content of the filter cake, and the COD of the filtrate to
6.91 × 1010 m/kg, 76.10%, and 26 mg/L, respectively. The fly ash of 10 g/g DS coupled
with the PFC of 200 mg/g DS can reduce the sludge-specific resistance SRF, the filter-
cake moisture content, and the filtrate COD to 6.63 × 1010 m/kg, 76.39%, and 37 mg/L,
respectively. Compared to a single conditioner, the addition of a compound conditioner
can greatly improve the dewatering effect of the sludge and greatly reduce the amount of
conditioner added, effectively increase the particle size of the floc, and reduce the organic
matter in the filtrate. The effect on the pH of the sludge is small, which is beneficial for the
subsequent treatment and disposal of the sludge and filtrate. Compared with the separate
flocculation technology and oxidation technology, the skeleton-assisted flocculation method
has the advantages of smaller chemical dosage and low cost. An improved dewatering
system for activated sludge by scaffolding and flocculants was designed to provide a guide
to practical engineering.
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Abstract: One of the key problems associated with the functioning of landfills is the generation of
leachate. In order to reduce their negative impact on the environment, various treatment technologies
are applied. Among them, solutions based on the use of phytotechnology deserve special attention.
The aim of this study was to evaluate the impact of landfill leachate on the content of micro- and
macroelements in plant material. The research was carried out in four municipal waste landfills
located in Poland. Emergent macrophytes (P. australis) and submergent macrophytes (C. demersum)
were used in this research. The migration and distribution of pollutants reaching the roots and shoots
of P. australis from water solutions were also studied. The concentrations of heavy metals in the
studied plants were low in all analysed cases. Higher metal contents could often be observed in
roots rather than in shoots, but these differences were insignificant. The chemical composition of the
studied plant samples was primarily related to the source of origin of the treated leachate (landfill),
as clearly demonstrated by cluster analysis. In the conducted studies, no important differences were
noted in the accumulation of the studied components between submergent plants (C. demersum) and
emergent macrophytes (P. australis).

Keywords: municipal solid waste (MSW); landfills leachate treatment; phytoremediation;
bioconcentration factor (BCF); translocation factor (TF)

1. Introduction

The landfilling of municipal waste is a common waste management practice [1,2].
One of the key problems associated with the functioning of landfills is the generation of
leachate [3]. Leachate may be a potential environmental hazard due to the high content of
inorganic compounds and dissolved organic compounds, suspended solids, heavy metals
and hazardous substances [4–8]. The most frequent pollutants in leachate are ammonium
nitrogen, chlorides, sulphates and heavy metals. In natural ecosystems, heavy metals are
characterised by high mobility, relatively high chemical stability and carcinogenicity [9].
Less common are humic acids, dioxins, furans, pesticides, phthalates or pharmaceutical
compounds [10–13]. Long-term contact with the substances contained in leachate may
result in their uptake by aquatic organisms and bioaccumulation in subsequent links of the
food chain [14,15]. Migration in the environment may also lead to serious threats to human
health [16].

In order to reduce the negative impact of landfill leachate on the environment, various
treatment technologies are applied. Due to the complexity and variety of leachates, as well
as the disadvantages of the technologies used, despite many years of research, there is still
no agreement as to the optimal method of their treatment [17].

Among the methods used to treat leachate from landfills, biological, chemical and physi-
cal ones can be distinguished. Physical and chemical methods (e.g., coagulation/flocculation,
membrane treatment or chemical precipitation) are recommended mainly in the treatment
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of mature leachate with low biodegradability [18]. However, biological methods are rec-
ommended for young leachates due to their high biodegradability. Biological processes
are preferred for the treatment of landfill leachate, but it should be taken into account that
they have their limitations and do not always provide the expected effectiveness in the
treatment of mature leachate [19].

Among them, solutions based on the use of phytotechnology deserve special atten-
tion [20,21]. Phytoremediation is used to eliminate the pollutants present in leachate,
including organic compounds (petroleum hydrocarbons, pesticides) and trace elements
(metals, metalloids), in water and soil [22]. It is a set of techniques or processes in which
plants are used to extract, store, degrade or immobilise pollutants from a site (soil, water or
sediment) [23].

Depending on the mechanisms used by plants, phytoremediation may include: phy-
todegradation (the decomposition of pollutants), phytoextraction (the accumulation of pol-
lutants in plant tissues) and phytostabilisation (the transformation of toxins into non-toxic
or less toxic forms that leads to the reduced mobility of pollutants through accumulation in
roots or immobilisation in the rhizosphere) [22,24,25].

Phytoremediation is considered to be an effective, low-cost and environmentally
friendly pollutant removal technology. Some plants have the ability to take up and bind
biogenic compounds and metals in less harmful forms in tissues that are metabolically
inactive [26]. Differences in the efficiency of the extraction of nutrients and metals from
wastewater can be observed among different plant species [27,28]. Constructed wetlands
are a well-known technology for wastewater treatment. They are recognized to be effective
in the removal of dissolved organics and suspended solids [29].

To date, constructed wetlands have usually been planted with Phragmites spp. (Poaceae),
Scirpus spp. (Cyperaceae), Iris spp. (Iridaceae), Typha spp. (Typhaceae), Eleocharis spp.
(Cyperaceae), Juncus spp. (Juncaceae) and Salix [30] worldwide. Unfortunately, most
plant species act selectively and do not show efficiency in removing pollutants from
multi-component mixtures [31]. Therefore, the selection of suitable plant species is a very
important issue, as they should survive the potentially toxic effects of the pollutants present
in leachate and their variability over time [31]. In addition, these plants should have
the ability to produce large amounts of biomass and accumulate high concentrations of
pollutants [32].

Recently, the most frequently used aquatic plant in phytoremediation has been Phrag-
mites australis [33], which is one of the most widely distributed emergent plant species in
the world. It is commonly found in Europe but also in North America and various regions
of South America and Australia [34,35]. In addition to being a species with a very wide
geographical range, its advantages include its low cost and minimal requirements [36].
P. australis is not a hyperaccumulator, but it is characterised by a fast growth rate, high
biomass production and a deep root system [37]. All these characteristics make it one of
the favourite test species and therefore, since the 1970s, it has been widely used in the phy-
toremediation of different types of wastewaters, soils and sediments [38]. The efficiency of
P. australis in the bioaccumulation of heavy metals and other pollutants has been confirmed
in numerous studies [37,39,40].

Among aquatic plants, submergent macrophytes are also considered very effective in
the phytoremediation of pollutants [41]. They are among the major primary producers in
aquatic ecosystems and, due to their large contact area, they show a higher potential for
removing pollutants from liquids [42,43]. Ceratophyllum demersum is one of the representa-
tives of submergent macrophytes, common throughout the world. It has no roots but can
anchor itself by means of rhizoids—modified root-like leaves [44]. The conducted studies
show that C. demersum is able to produce an internal concentration of metals and other
components several times higher than in the surrounding environment. The high biomass
growth, high removal efficiency and wide range of tolerance to metals make these plants
an excellent choice for the phytoremediation process [45,46].
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To date, a large amount of research has been carried out on leachate treatment using
phytoremediation. However, to the best of our knowledge, few studies conducted so far
have included analyses of the content of micro- and macroelements in the context of the
effectiveness of their collection from leachate from landfills. Moreover, after analysing the
literature, the authors observed that few studies compared the effectiveness of phytoreme-
diation with the use of emerged and submerged plants on leachate from various landfills,
taking into account the effect of the applied dose of the leachate.

Therefore, this paper will present the range of content and movement of macro- and
microelements in the plant material of Phragmites australis and Ceratophyllum demersum.
The plants were exposed to different concentrations of leachate from municipal waste
landfills at different stages of operation (active and closed). The first part of the study
included the evaluation of the leachate treatment efficiency by P. australis and C. demersum
using physicochemical property analyses and toxicity tests [47]. The results presented here
complement the picture of the components of the experimental system by presenting data
on micro- and macroelement concentrations in plants.

The aim of this study was to evaluate the impact of landfill leachate on the content
of micro- and macroelements in plant material. Emergent macrophytes (P. australis) and
submergent macrophytes (C. demersum) were used in this research. The migration and
distribution of pollutants reaching the roots and shoots of P. australis from water solutions
were also studied.

2. Materials and Methods
2.1. The Study Location and Leachate Collection Points

This study was conducted at four municipal waste landfills, situated in Poland, in
the Lower Silesian Voivodeship. Leachate samples were collected in June 2020. Two
non-operational landfills (located in Wrocław and Bielawa) and two operational landfills
(located in Legnica and Jawor) were selected for the study. Figure 1 shows the location of
the leachate collection points.

Int. J. Environ. Res. Public Health 2022, 19, x  4 of 25 
 

 

 
Figure 1. Location of landfills and distribution of leachate collection points. 

The oldest landfill site was established in Wrocław (51°10′23.784″ N 16°55′40.74″ E) 
in 1966 and operated until 2000. It has an area of 11.7 ha and a capacity of about 2 million 
m3. The second disused landfill is located in Bielawa (51°9′21.485″ N 17°14′18.03″ E). The 
facility was in operation from 2001 to 2011. The surface area of the landfill is 0.86 ha and 
its capacity is 37.8 thousand m3. The largest operational landfill is located in Legnica 
(51°14′21.317″ N 16°11′0.251″ E), with an area of 14.12 ha and a total capacity of 2.34 mil-
lion m3. The landfill has been in operation since 1977. The second active landfill in Jawor 
(51°3′56.112″ N 16°12′38.927″ E) has been in operation since 1997. The area occupied by 
waste is 3.37 ha. The total capacity of the landfill is 231.3 thousand m3. The exact charac-
teristics of the landfills where the research was conducted are presented in the publication 
[10]. 

2.2. Physicochemical Composition of Leachate 
Analyses of the physicochemical properties of the leachate were performed at the 

Environmental Research Laboratory of the Institute of Environmental Engineering at 
Wrocław University of Environmental and Life Sciences. The studies were performed us-
ing commonly used methods, in accordance with ISO (International Organization for 
Standardization) standards. Laboratory analyses not requiring mineralisation of the sam-
ples were performed within 24 h of their collection [48], followed by the analyses requiring 
mineralisation. 

The range of research of the raw and post-treatment by Phragmites australis and Cer-
atophyllum demersum included: pH, electrical conductivity (EC), total Kjeldahl nitrogen 
(TKN), organic nitrogen (ON), ammonium nitrogen (AN), total phosphorus (TP), Chemi-
cal Oxygen Demand (COD), biochemical oxygen demand (BOD5) and concentrations of: 

Figure 1. Location of landfills and distribution of leachate collection points.

105



Int. J. Environ. Res. Public Health 2022, 19, 6035

The oldest landfill site was established in Wrocław (51◦10′23.784′′ N 16◦55′40.74′′ E) in
1966 and operated until 2000. It has an area of 11.7 ha and a capacity of about 2 million m3.
The second disused landfill is located in Bielawa (51◦9′21.485′′ N 17◦14′18.03′′ E). The
facility was in operation from 2001 to 2011. The surface area of the landfill is 0.86 ha
and its capacity is 37.8 thousand m3. The largest operational landfill is located in Leg-
nica (51◦14′21.317′′ N 16◦11′0.251′′ E), with an area of 14.12 ha and a total capacity of
2.34 million m3. The landfill has been in operation since 1977. The second active landfill
in Jawor (51◦3′56.112′′ N 16◦12′38.927′′ E) has been in operation since 1997. The area
occupied by waste is 3.37 ha. The total capacity of the landfill is 231.3 thousand m3. The
exact characteristics of the landfills where the research was conducted are presented in the
publication [10].

2.2. Physicochemical Composition of Leachate

Analyses of the physicochemical properties of the leachate were performed at the
Environmental Research Laboratory of the Institute of Environmental Engineering at
Wrocław University of Environmental and Life Sciences. The studies were performed using
commonly used methods, in accordance with ISO (International Organization for Stan-
dardization) standards. Laboratory analyses not requiring mineralisation of the samples
were performed within 24 h of their collection [48], followed by the analyses requiring
mineralisation.

The range of research of the raw and post-treatment by Phragmites australis and Cer-
atophyllum demersum included: pH, electrical conductivity (EC), total Kjeldahl nitrogen
(TKN), organic nitrogen (ON), ammonium nitrogen (AN), total phosphorus (TP), Chemical
Oxygen Demand (COD), biochemical oxygen demand (BOD5) and concentrations of: total
dissolved solids (TDS), total suspended solids (TSS), total solids (TS), chlorides, sulphates,
potassium, sodium, magnesium, calcium, iron, manganese, nickel, zinc, cadmium, copper,
lead and chromium.

2.3. Conditions of Conducting an Experiment with Phragmites australis and Ceratophyllum
demersum

Laboratory tests involved the exposure of C. demersum (rigid hornwort), P. australis
(common reed) and seedlings to increasing concentrations of landfill leachate. The exper-
iment was designed to check the accumulation of micro- and macronutrients and heavy
metals in the plant material. The migration and distribution of pollutants from the aqueous
solutions to the roots and shoots of P. australis were also studied.

The transferred P. australis and C. demersum plants were flooded with tap water for
a period of 14 days to adapt to laboratory conditions. Then, 60 plants of similar sizes
were selected from the P. australis seedlings that had acclimatised, and they were relocated
individually to 1.5 dm3 containers. From the C. demersum seedlings, 120 plants with an
average length of about 20 cm were selected. In each of the 60 containers with a volume of
0.5 dm3, two plants were placed.

The containers thus prepared (with the P. australis and C. demersum seedlings) were
completed with the landfills leachate from the four facilities. The series for each land-
fill consisted of solutions with increasing concentrations: from 0% (tap water), through
6.25%, 12.5%, 25% and 50% to 100% [49]. The leachate exposure lasted for another
14 days [32,50,51]. No additional aeration was applied during the experiment. Each
variant was performed in 3 repetitions. The study included an evaluation of the efficiency
of the leachate treatment by P. australis and C. demersum using physicochemical analyses
and toxicity tests and is detailed in the publication [52].

2.4. Analysis of Selected Components in the Plant Material

After completing the first part of the experiment, the plants were removed from the
prepared leachate solutions. P. australis was separated into the aboveground part (the stem
and leaves) and the underground part (the roots).
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The collected plants were dried at room temperature until they reached a constant
weight [53]. The dried mass was ground in a laboratory grinder and subjected to chemical
analyses. The samples were analysed for: total nitrogen (TN), total phosphorus (TP),
sodium, potassium, calcium, magnesium, iron, manganese, zinc, lead, nickel, cadmium,
copper and chromium. The results of the analyses are given in mg/g d.m.

The content of the macro- and microelements and heavy metals in the plant material
was determined after wet digestion in a mixture of concentrated perchloric acid, sulphuric
acid and nitric acid (4:1:10 ratio) [54]. All analyses were performed in three repetitions. The
control samples (plants placed in tap water) were subjected to the same procedure.

2.5. Bioconcentration Factor (BCF) and Translocation Factor (TF)

The bioconcentration factor (BCF) is used to characterise the behaviour of a chemical
substance in the environment [55]. In particular, the BCF is used to verify the ability of
a plant to accumulate elements from the substrate or the external solution [56]. A higher
BCF value indicates a better phytoaccumulation capacity. The BCF was calculated as
follows [46,57]:

BCF =
Cp

Cw
(1)

where:

Cp—the pollutant concentration in the plant (mg/kg),
Cw—the concentration in the external solution (mg/dm3).

In calculating the BCF values, the results of the composition analyses of the analysed
plants were converted from mg/g to mg/kg.

Apart from checking the ability of the plant to accumulate elements from the substrate
or the external solution, it is important to verify the ability to transfer pollutants from
the underground parts of the plant to the aboveground parts. It can be characterised by
the translocation factor (TF), which is the quotient of the concentration of the pollutants
accumulated in the aboveground parts of the plant to the concentration present in the
underground parts:

TF = Ca/Cu (2)

where:

Ca—the pollutant concentration in the aboveground tissues (mg/kg, mg/g),
Cu—the pollutant concentration in the underground tissues (mg/kg, mg/g).

TF values above 1 indicate the translocation ability [1].

2.6. Data Treatment and Statistical Analysis

The obtained results from the plant material, i.e., Phragmites australis and Ceratophyllum
demersum, were subjected to statistical analysis, using Statistica 13.1 software (StatSoft
Polska, StatSoft, Inc., Tulsa, OK, USA). Because different concentrations of the leachate
were used in the experiment, the chemical composition of the plants was presented in the
form of basic descriptive statistics (minimum and maximum).

The assessment of similarity between the plant samples was performed using cluster
analysis. It is one of the methods of multivariate analysis, useful in the case of large
amounts of data. Hierarchical cluster analysis allows for grouping observations into
clusters. Similar observations are placed inside clusters and different clusters contain
observations that differ from each other. Clustering is performed on the basis of similarity
or distance (dissimilarity). Clusters are aggregated according to decreasing degrees of
similarity (or increasing degrees of dissimilarity) until an individual, single cluster with a
tree-like structure, called a dendrogram, is formed [58].

The clustering of observations (agglomeration) was performed using Ward’s method
(the minimisation of the increase in sum of squares MISSQ). This method is based on min-
imising the heterogeneity (variance) in clusters and finding the highest possible similarity
between observations. It has been shown in many studies to be accurate and useful for
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creating a primary cluster structure [59,60]. The distances between objects were determined
based on the Euclidean distance.

3. Results and Discussion
3.1. Content of Selected Macro- and Microelements in Landfill Leachate and Plants
3.1.1. Physicochemical Composition of Leachate from Landfills

Table 1 presents the results of the physicochemical analyses of the raw leachate col-
lected from the active and non-operational landfills.

Table 1. Physicochemical characteristics of raw landfill leachate.

Pollution
Indicators

Unit
Non-Operational Landfills Active Landfills

Bielawa Wrocław Legnica Jawor

pH - 8.42 8.16 8.84 8.11
EC µS/cm 2318 1800 7791 3919

TKN mg N/dm3 51.12 1.09 269.85 310.16
TP mg P/dm3 3.11 0.22 3.936 12.04

Sodium mg Na/dm3 151.8 91.2 177.8 162.9
Potassium mg K/dm3 256.2 61.2 507.6 410
Calcium mg Ca/dm3 150.3 309.4 68.1 171.5

Magnesium mg Mg/dm3 79.3 52.5 87.9 91.2
Iron mg Fe/dm3 0.5 0.15 2.16 3.81

Manganese mg Mn/dm3 0.35 0.02 0.47 1.61
Copper mg Cu/dm3 0.0457 0.0486 0.1448 0.059

Zinc mg Zn/dm3 0.1977 0.2241 0.4987 0.3049
Chromium mg Cr/dm3 0.00025 0.00025 0.1927 0.00025

Lead mg Pb/dm3 0.0163 0.0054 0.0866 0.004
Nickel mg Ni/dm3 0.00025 0.00025 0.1716 0.0209

Cadmium mg Cd/dm3 0.0033 0.0047 0.0033 0.0039

The pH value of the leachate from all landfills ranged from 8.11 (Jawor) to
8.84 (Legnica). An alkaline reaction of the leachate is characteristic of older and ma-
ture facilities (i.e., operating for more than 10 years) [61,62], which is the case for the
studied leachate.

pH changes could provide a more or less favourable environment for plant growth,
and this will vary with the species of the plants [63].

In Europe, the pH of the solid substrate on which P. australis grows is generally seven
but plants also develop well in a pH range of 5.5 to 7.5 [64]. It has been shown that P.
australis can tolerate a wide pH range even between 2.5 and 9.8 [65]. C. demersum thrives in
neutral and alkaline environments, but a pH that is too high can lead to stress in plants.
Gao et al. showed that plants experience stress at a pH above nine and with an elevated
nitrogen content [66].

The highest EC values were recorded at the active landfills, ranging from 3919 µS/cm
(Jawor) to 7794 µS/cm (Legnica). In non-operational landfills, the values were lower and
ranged from 1800 µS/cm (Wrocław) to 2318 µS/cm (Bielawa). The EC is related to the
amount of ions available to the plants in the root zone. The optimum EC value depends on
the species and on the environmental conditions. A high EC value hinders nutrient uptake
by increasing the osmotic pressure of the nutrient solution, while an EC concentration that
is too low can negatively affect plant health and yield [67,68]. As shown by Huang et al.,
the pH and EC of the external substrate have a significant effect on nutrient accumulation
in plants [69].

Nitrogen is one of the most important nutrients for plants [69] but its too high levels
can disrupt the dynamic balance of the antioxidant mechanism, causing the accumulation
of reactive oxygen inside plant cells [66,70]. High nitrogen contents were recorded in
the leachate from the active landfills (from 269.85 mg/dm3 to 310.16 mg/dm3). In non-
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operational landfills, these values were much lower: from 1.09 mg/dm3 (Wrocław) to
51.12 mg/dm3 (Bielawa).

Phosphorus is essential for plant physiological functions. It plays an important role in
key processes such as photosynthesis, respiration, storage and the transfer of energy. It also
improves the yield quality and is essential for seed formation [71]. The phosphorus content
in the leachate from the active landfills were higher than those from non-operational ones
and ranged from 0.22 mg/dm3 (Wrocław) to 12.04 mg/dm3 (Jawor).

The sodium and potassium content in the samples from the active landfills were also
higher than those in the leachate from non-operational landfills. The sodium concentration
in the active landfills reached 177.8 mg/dm3 (Legnica), whereas in closed ones the values
were lower, up to 151.8 mg/dm3 (Bielawa). Potassium concentrations were similar; the
highest values were observed in the active landfills (up to 507.6 mg/dm3 in Legnica),
whereas in the closed landfills, the maximum value was recorded in the Bielawa landfill
(256.2 mg/dm3). These ions play an important role in plant physiology [72].

The Fe and Mn content in the closed landfills were low and, in all cases, amounted to
<1 mg/dm3. In the active landfills, the values were slightly higher. The Mn content ranged
up to 1.61 mg/dm3 (Jawor), while the Fe content ranged from 2.16 mg/dm3 (Legnica) to
3.81 mg/dm3 (Jawor). Fe and Mn in appropriate concentrations have positive effects on
plants. Manganese is an important component of various metabolic enzymes [73], and Fe
is needed by enzymes to catalyse reactions in the cytochrome [74].

The content of the heavy metals in the leachate from the studied landfills remained
at a very low level (i.e., <1 mg/dm3), which may indicate that the landfilled waste was
mainly municipal waste (not containing these components) or that they may have al-
ready leached from the landfilled waste. The analyses performed confirm that heavy
metal content is not currently the most serious problem in the management of landfill
leachate [5,72,75]. Heavy metals in high concentrations can cause toxic effects in plants, ac-
cumulate in aquatic organisms and move up the food chain [76,77]. However, the presence
of metals in appropriate concentrations can also have positive effects on plant growth and
development [78]. Cu plays an important role in the composition of enzymes for protein
synthesis and photosynthesis. Although Cr is not an essential element for plants, there
are studies indicating that, at low concentrations, it can have a positive effect on growth
stimulation in plants [79].

3.1.2. Chemical Composition of Plants

The results of the chemical composition analysis of C. demersum after exposure to the
leachate from the four municipal waste landfills and in the control sample are shown in
Figure 2. The following parameters were analysed: TN, TP, sodium, potassium, calcium,
magnesium, iron, manganese, zinc, lead, nickel, cadmium, copper and chromium.

C. demersum is a nitrophile that tolerates high nitrogen concentrations and has a
very good nitrogen removal effect; therefore, it is often used for nitrogen removal from
wastewater [80]. Only in the case of the plants after exposure to the leachate from the
Wrocław landfill were lower TN contents found than those found in the control sample. In
the remaining cases, the TN content of the control sample was within the content range
corresponding to the plants after contact with the leachate. The TN values ranged from
23.7 mg/g (Wrocław) to 53.1 mg/g (Legnica).

The Na content in the tissues of C. demersum remained at a similar level, both in the
control sample and after exposure to the leachate. The obtained results did not show
any major fluctuations; only in the case of exposure to the leachate from Legnica, the
maximum Na content in the plant was significantly higher (amounted to 39.4 mg/g), with
the minimum content similar to the other landfills and the control sample. Additionally,
the magnesium and TP content in the plant samples after exposure to the leachate from the
landfills included in the study did not show marked differences. The contents found were
also similar to the results of the control sample.
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lead, chromium and cadmium. 

(a) 

 

(b) 

 

(c) 

 
 

W B L J W B L J W B L J W B L J W B L J
0

10

20

30

40

50

60

70

80
[m

g/
g 

d.
m

.]
 

  Total Nitrogen  

        Sodium      

     Potassium     
maximum
control
minimum

      Calcium       

    Magnesium    

W B L J W B L J W B L J W B L J
0.0

0.5

1.0

1.5

2.0

2.5

3.0

3.5

[m
g/

g 
d.

m
.]

  Total Phosphorus  

              Iron             

       Manganese       

             Zinc             

maximum
control
minimum

W B L J W B L J W B L J W B L J W B L J
0.000

0.005

0.010

0.015

0.020

0.025

0.030

0.035

0.040

[m
g/

g 
d.

m
.]

 

         Lead         

        Nickel        

      Cadmium    

       Copper           Chromium    
maximum
control
minimum

Figure 2. Comparison of chemical composition of plants after exposure to leachate from active
(L—Legnica, J—Jawor) and closed (W—Wrocław, B—Bielawa) landfills with the composition of
the control sample—results of analyses for Ceratophyllum demersum: (a) contents of TN, sodium,
potassium, calcium and magnesium; (b) contents of TP, iron, manganese and zinc; (c) contents of
copper, nickel, lead, chromium and cadmium.
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The potassium content in the C. demersum tissues showed rather high variability. The
maximum values were higher than those found in the control sample in the case of the
Wrocław (60.1 mg/g) and Bielawa (66.4 mg/g) landfills. However, in the case of the plants
exposed to the leachate from the landfills in Legnica and Jawor, all the values were lower
than those found in the control sample.

The calcium content in the C. demersum tissues in most of the analysed cases exceeded
those in the control sample. Only the lowest values for the landfills in Bielawa and Jawor
were at the level of the control sample. Similar relations are visible in case of the lead
and cadmium content. Most of the samples showed an increase in the content of those
metals after exposure to the leachate; only minimal values were similar to those of the
control sample.

The iron content in the studied plant samples showed quite high variability. The
samples after exposure to the leachate from Jawor were characterised with the highest
values. Additionally, the majority of the samples from Legnica and Bielawa contained more
iron than the control sample. Only the samples after exposure to the leachate from the
Wrocław landfill were characterised by a low iron content, below the value for the control
sample. Similar relationships were evident for the contents of manganese and chromium
(whose highest contents were found in the plants after exposure to the leachate from the
landfill in Legnica).

The zinc contents of the tested plants were different. They were higher than the control
sample only after the exposure to the Legnica leachate. In the case of copper, however, the
contents were lower than those in the control sample only after the exposure of the plants
to the leachate from the Jawor landfill. On the other hand, the nickel contents in the control
sample were within the range of the values obtained for the samples after contact with the
landfill leachate. The highest nickel contents were found in the landfill in Bielawa.

The contents of the majority of the analysed heavy metals (Cu, Ni, Pb, Cr and Cd)
did not exceed the level of 1 mg/g. The highest contents of Cu, Ni, Pb, Cr and Cd were
recorded after exposure to the leachate from the Legnica and Bielawa landfills and were
higher than the values found in the control samples. The data presented in the literature
also show that C. demersum is able to accumulate significant amounts of various metals,
including: Mn, Cu, Cr, Fe, Cd and Pb [57].

The bioavailability of heavy metals is influenced by various factors, especially pH and
redox potential [81]. During the conducted studies, it was found that metal concentrations
in water and soil tended to be negatively correlated with pH, which affects the amount of
metals taken up by plants [82] and may explain the rather low heavy metal content in the
plants studied.

In the case of the TP, TN, Na, K, Ca, Mg and Cd contents, in each variant in the external
solution, higher contents were observed than in the C. demersum plants. The reverse was
true for Zn, where higher concentrations were observed in C. demersum than in the external
solution. Additionally, others, during studies on C. demersum, have observed that they
are able to produce internal concentrations of metals and other components several times
higher than the surrounding environment [45,46]. For Fe, Mn, Cu, Ni, Pb and Cr, the
situation was variable once higher values were recorded in the external solution and once
they were in the plants.

Figures 3 and 4 show the results of the chemical composition analyses of P. australis
after exposure to the leachate from the four municipal waste landfills and in the control
samples, divided into roots (Figure 3) and shoots (Figure 4). The analysis of the chemical
composition of the plants included content determinations of: TN, TP, sodium, potas-
sium, calcium, magnesium, iron, manganese, zinc, lead and nickel, cadmium, copper
and chromium.
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Figure 3. Comparison of chemical composition of plants after exposure to leachate from active
(L—Legnica, J—Jawor) and closed (W—Wrocław, B—Bielawa) landfills with the composition of
the control sample—results of analyses for Phragmites australis roots: (a) contents of TN, sodium,
potassium, calcium and magnesium; (b) contents of TP, iron, manganese and zinc; (c) contents of
copper, nickel, lead, chromium and cadmium.
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Figure 4. Comparison of chemical composition of plants after exposure to leachate from active
(L—Legnica, J—Jawor) and closed (W—Wrocław, B—Bielawa) landfills with the composition of
the control sample—results of analyses for Phragmites australis shoots: (a) contents of TN, sodium,
potassium, calcium and magnesium; (b) contents of TP, iron, manganese and zinc; (c) contents of
copper, nickel, lead, chromium and cadmium.
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The TN content was, in almost all cases, lower in the roots than in the shoots, except for
the exposure to the Jawor leachate, where the maximum TN content in the root (45.6 mg/g)
exceeded that observed in the shoots (28.2 mg/g). The highest TN content was recorded in
the reed shoots in the control sample (91.5 mg/g) and it was more than 2.5 times higher
than the value recorded in the roots.

In the case of Na, no such clear differentiation was found, and in all cases the contents
did not exceed 4.13 mg/g. In the shoots of the control samples, three times higher Na
contents were recorded than in the roots. Similarly, for the Ca content, the tendency was
variable. The highest value was recorded in the roots after exposure to the leachate from
the Bielawa landfill (11.4 mg/g) and from the Jawor landfill (10.1 mg/g). In the case
of the shoots, the value was lower and amounted to 8.4 mg/g (in the leachate from the
Wrocław landfill).

Higher K concentrations were observed in the P. australis shoots than in the roots. The
highest K value was recorded in the P. australis shoots after exposure to the leachate from
Wroclaw. The Mg content in the roots and shoots were similar, ranging from 1.08 mg/g
(Bielawa, shoots) to 3.11 mg/g (roots, Jawor). A slightly higher value was recorded in
the shoots in the control sample of P. australis than in the roots. No significant differ-
ences between the TP content in the roots and shoots were observed either; they ranged
from 0.02 mg/g (roots, control sample) to 0.17 mg/g (shoots, Wrocław). In most cases,
the TP content was higher in the shoots than in roots (except for the leachate from the
Jawor landfill).

The Fe content in the P. australis roots were higher than in the shoots in each of the
analysed cases. The values ranged from 0.1 mg/g (Bielawa, shoots) to 3.2 mg/g (Jawor,
roots). According to the data presented in the literature, the roots and rhizomes of P. australis
can accumulate higher amounts of heavy metals than the remaining organs, which is
determined by the fact that they have large, airy intercellular spaces in the parenchyma [83].

The Mn contents were, in all cases, higher in the shoots than in roots, except for
the Jawor landfill, where a slightly higher value was recorded in the roots. The Mn
contents were low and did not pose any potential toxicity to the plants—they ranged from
0.063 mg/g to 0.37 mg/g. As reported in the literature, the toxic concentration of Mn for
different plants ranges from 0.4 mg/g to 1 mg/g [84].

The Zn contents in the roots and shoots of P. australis were similar in all cases, ranging
from 0.09 mg/g to 0.27 mg/g. Similar contents were reported by Vymazal et al. [85],
where the Zn content in the P. australis roots ranged between 0.0135 mg/g and 0.202 mg/g
dry mass.

Slightly higher values were observed in the roots than in the shoots, except for the
control sample and the minimum value, recorded after exposure to the Legnica leachate.
As reported in the literature, the toxic concentration of Zn for different plants ranges from
0.1 mg/g to 0.4 mg/g [84]. The Zn content of the leachate remained at levels that did not
pose potential toxicity to P. australis.

The contents of the heavy metals (Cu, Ni, Pb, Cr and Cd) were low in all cases and did
not exceed 0.06 mg/g. In most cases, higher metal contents were observed in the roots than
in the shoots, but these differences were insignificant. In studies conducted on P. australis, it
was proven that underground organs show a higher capacity to accumulate heavy metals
compared to shoots [81]. The increased accumulation of heavy metals in underground
organs may result, for example, from a defence mechanism that protects the species from
the harmful effects of toxic concentrations on photosynthetic processes and prevents the
translocation of toxic concentrations from roots to aboveground organs [86].

In the conducted studies, only in some cases a higher accumulation was observed in
the roots, while in the remaining cases, similar metal contents were recorded in these parts
of the plants.

As reported in the literature, the toxic concentration of Pb for different plants ranges
from 0.01 mg/g to 0.1 mg/g [84]. P. australis, under natural conditions, grows on substrates
where the heavy metal content does not exceed: Cd (<0.04 mg/g), Pb (<15.9 mg/g), Cu
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(<0.275 mg/g), Cr (<0.218 mg/g) and Ni (<0.082 mg/g) [65]. Common reed has the ability
to take up large amounts of micronutrients due to its extensive tissue system and defence
mechanisms [64]. The ability of plants to accumulate nutrients and toxic elements, including
heavy metals, has been confirmed by numerous researchers [87,88]. It has been shown
that higher aquatic plants are able to accumulate metal ions to levels well beyond their
physiological needs, but excess can cause deleterious effects in plants [88].

The conducted analysis of the chemical composition of P. australis roots and shoots
showed that the levels of Na, Mg, Zn and TP differed slightly in all the analysed variants.
Most of the analysed parameters were higher in the external solution than in the P. australis
roots. Higher concentrations in the external solution were observed in both P. australis and
C. demersum, which can be justified by the fact that only a limited number of elements move
easily, thus being absorbed by the plants [40,89]. However, it also happened that higher
values were recorded in P. australis roots than in the external solution, e.g., for: Cr, Pb and
Ni (after exposure to the leachate from Bielawa, Wrocław and Jawor) as well as Zn and
Mn (after exposure to the leachate from Wrocław) and Fe (after exposure to the leachate
from Bielawa). Additionally, in the case of the P. australis shoots, higher contents were
recorded than in the external solution in several cases. Higher concentrations in shoots
were recorded for the same parameters as in the roots, i.e., Fe, Mn, Zn, Cr, Pb and Ni. In
addition, a several times higher concentration of TN was observed in the P. australis shoots
after exposure to the leachate from the Wrocław landfill than in the external solution.

3.2. Analysis of Similarities between the Composition of C. demersum and P. australis

The assessment of the similarity between the chemical composition of the plant sam-
ples after the end of the exposure to different concentrations of leachate from the landfills
included in the study was carried out using cluster analysis. The dendrogram diagram
for the analysed samples of rigid hornwort (Figure 5a) shows two main clusters (A and
B). Cluster A includes only samples of plants treated with the leachate from the Wrocław
and Jawor landfills. The greatest similarity is between the samples 6.25 and 12.5 W and
12.5, 50 and 100 J, which form the smallest clusters. Cluster B is divided into B’ and B”.
Cluster B’ is dominated by the samples of the plants treated with the leachate from the
Legnica landfill. The smallest clusters are formed by the samples 25 L, 25 J and 12.5 L and
50, 100 L and 50 W. Cluster B” includes all the samples of plants treated with the leachate
from the landfill in Bielawa and also the control sample (0). The highest similarity is found
between the samples 25 B, 6.25 J and 0, 6.25 B and 25 W and between the samples 12.5B,
6.25 L, 50 and 100 B and 100 W. The analysis of the clusters forming the dendrogram for
the examined rigid hornwort samples shows a fairly clear influence of the source of origin
of the treated leachate (landfill) on the formation of individual clusters. The similarity
between the composition of the plants treated with the most diluted leachate from the
oldest, non-operational landfill in Wrocław and the plants subjected to the highest concen-
trations of the leachate from the Jawor landfill, active during the study, is also evident. The
low degree of the contamination of the leachate from the Jawor landfill is confirmed by
the similarity between the plants treated with the sample with the lowest concentration
and the control sample, shown in the figure. The samples of the plants treated with the
leachate from the other landfills (in Bielawa and Legnica) were found in separate clusters
and the distances between those clusters prove high differences in the composition of
those samples.
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carried out using Ward’s method.
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Figure 5b shows a dendrogram illustrating the results of the cluster analysis for the
reed root samples used to treat the different concentrations of leachate from the four
landfills included in the study. On the basis of similarities, the samples were divided
into two main clusters (A and B). Cluster A includes the control sample (0) and the roots
of the reed used to treat the leachate from the Jawor landfill at the lowest concentration
(6.25 J). All the other samples differed from the two mentioned above significantly enough
to be included in the second cluster (B). Cluster B is divided into B’ and B”. Cluster B’
mainly includes samples of the reed roots used for the treatment of the leachate from the
Legnica landfill (25, 50 and 100 L) as well as the samples of 100 B and 50 J. The biggest
part of cluster B’ are the samples of the reed roots used for the treatment of the leachate
from the Wrocław landfill (all) and the samples for the Bielawa landfill (except for 100 B).
The presented dendrogram illustrates clear differences between the control sample and
the reed root samples used for landfill leachate treatment. A difference is also evident
between the majority of the samples for the Legnica landfill (25, 50 and 100 L, cluster B’)
and the remaining samples, mainly corresponding to the Wrocław and Bielawa landfills
(cluster B”).

Figure 5 c shows the results of the cluster analysis for the reed shoot samples used to
treat the different concentrations of leachate from the four landfills included in the study.
The largest differences were between the control sample (0, cluster A) and the other samples
(cluster B). In cluster B, there are also two smaller differing samples (B’ and B”). Cluster B’
mainly includes samples of the reed shoots used for treating the leachate from the Bielawa
landfill (except for 25 B) and corresponds to the lower concentrations of the leachate from
the landfills in Wrocław (12.5 and 25 W), Legnica (6.25 L), and also sample 50 J. Cluster B”
consists mainly of the samples of the reed shoots used for treating the leachate from the
landfills in Legnica (100, 50, 25 and 12.5 L), Jawor (100, 25, 12.5 J) and Wrocław (6.25, 50 and
100 W). The presented dendrogram illustrates in particular the clear difference between the
samples of the reed shoots used for the landfill leachate treatment and the control sample
(0). This difference is even greater than in the analysis performed for the reed roots, which
is related to the placement of the cut-off level (defining the number of significant clusters)
at a greater distance. The remaining clusters show a greater mixing of samples, which
indicates the occurrence of similarities in chemical composition.

3.3. Bioconcentration Factor (BCF)

The bioconcentration factor (BCF) determines the ability of a plant to accumulate
elements from the substrate [90]. Table 2 shows the calculated bioconcentration factor (BCF)
values for two plants, i.e., Phragmites australis and Ceratophyllum demersum, after exposure
to the leachate from the four municipal waste landfills and in the control samples.

The (BCF) values in the presented studies ranged from 0 to 101. A BCF above one is a
key feature of hyperaccumulators [91,92]. The BCF can reach different orders of magnitude.
Maderra-Parra et al. [31], in studies on the phytoremediation of landfill leachate, obtained
BCFs ranging from 100 to 102. Pandey et al. [82] obtained similar BCF values. It is reported
in the literature that a good bioaccumulator should exhibit a BCF above 1000 [93,94].

The BCF for P. australis and C. demersum, after exposure to the leachate from the
landfills in Legnica and Jawor, was <1 in each variant. However, in the case of the other
two landfills, i.e., Bielawa and Wrocław, the BCF values above one were obtained only for
Cr for P. australis and TN for C. demersum.

In the conducted studies, for C. demersum, the BCF for Cr was <1 in all cases. However,
Abdallah [46], in a study on the phytoremediation of metals from aqueous solutions by
C. demersum, proved that it is a good accumulator of Cr, obtaining BCF values > 1000 in
all cases. The BCF for Cu in all cases for P.australis was below one. However, after the
exposure of C. demersum, the BCF for Cu only in the control sample was above one (i.e.,
BCF—4.59). The highest BCF value for Ceratophyllum demersum was recorded for Mn in the
control sample and it amounted to 32.25. A higher BCF value was also obtained for Fe after
exposure to the leachate from the Wrocław landfill (BCF—23.91).
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Table 2. Bioconcentration factor (BCF) for Phragmites australis and Ceratophyllum demersum (for P.
australis, the average for roots and stems was taken).

Pollution
Indicators

Phragmites australis Ceratophyllum demersum

Active Landfills Non-Operational
Landfills Control

Sample
Active Landfills Non-Operational

Landfills Control
Sample

Legnica Jawor Bielawa Wrocław Legnica Jawor Bielawa Wrocław

TP 0.00 0.00 0.00 0.00 0.04 0.00 0.00 0.00 0.00 0.09
TKN 0.00 0.00 0.00 0.01 12.74 0.00 0.00 0.00 0.01 8.13

Sodium 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00
Potassium 0.00 0.00 0.00 0.00 0.01 0.00 0.00 0.00 0.00 0.03
Calcium 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00

Magnesium 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00
Iron 0.00 0.00 0.01 0.01 0.21 0.00 0.00 0.01 23.91 0.40

Manganese 0.00 0.00 0.00 0.00 5.59 0.00 0.00 0.01 0.01 32.25
Copper 0.00 0.09 0.60 0.30 4.59 0.00 0.01 0.00 0.02 0.80

Zinc 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00
Chromium 0.00 0.00 4.62 1.02 1.65 0.00 0.00 0.45 0.41 0.64
Cadmium 0.00 0.00 0.00 0.00 0.39 0.00 0.00 0.00 0.00 0.00

Nickel 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00
Lead 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00

BCF values above 1 are shown in bold in the table.

In the case of the Phragmites australis exposure, the highest BCF value was obtained for
TN in the control sample (BCF—12.74). Similar values to those obtained in this study were
obtained by Sochacki et al. during a study conducted on P. australis, where the BCF ranged
up to 101 and they concluded that this species does not play an important role as a metal
accumulator [95]. On the other hand, Daud et al. [32], investigating the potential of Lemna
minor in the phytoremediation of landfill leachate, obtained much lower BCF values; in
each case, these were less than one. The discrepancies in the BCF values obtained indicate
that different plant species develop different mechanisms for tolerating or accumulating
heavy metals, depending on specific environmental conditions [96]. In turn, the ability
to accumulate heavy metals in plants depends on their ability to uptake and transport
intracellularly, which includes, inter alia, mobilization in the rhizosphere and the transport
of metals across the plasma membrane of root cells [97].

It is reported in the literature that submergent plant species are able to accumulate
a higher amount of heavy metals compared to emergent species due to the fact that they
can remove heavy metals from the water with their entire surface [21,98]. However, no
significant differences were observed between C. demersum and P. australis in the study
conducted. Additionally, Vymazal et al. [85] did not observe any significant differences
between the plants, and the element concentrations found in both plants (Phragmites and
Phalaris) were at very similar levels.

3.4. Translocation Factor (TF)

The ability to translocate pollutants in different parts of the plant can be assessed
using the translocation factor (TF). Figure 6 shows the calculated translocation factor (TF)
values for P. australis after exposure to the leachate from the four municipal waste landfills
and in the control sample.

The uptake and translocation of individual components by plants from water or soil,
in addition to their availability, are also influenced by ongoing reactions (antagonistic
and/or synergistic) between individual elements [81]. A shoot:root translocation ratio
(S/R) greater than one indicates the efficient transport of components from roots to shoots
and is a key feature of all hyperaccumulators [99]. In contrast, a TF below one indicates
that pollutants are accumulated in the lower part of the plant [100].

The translocation factor varies depending on the type of pollutant [101], as confirmed
by the analyses performed. Its magnitude is also influenced by the plant species. It has been
observed that some plant species store components in roots (i.e., root accumulators) and
some in shoots (i.e., shoot accumulators). The translocation factor may also be influenced
by changes in the epidermis and mesoderm of plants, e.g., caused by an increased content
of metals, which hinders the migration of nutrients from the roots to the shoots [97].
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In the case of Na, Fe, Cr and Ni, no transposition into the aboveground parts of P.
australis was observed, either after exposure to the leachate from both active and closed
facilities or in the control sample. The low TF for Na, Fe, Cr and Ni in the aboveground
parts of P. australis can be explained by the absorption and/or adsorption of ions from the
aqueous solution through the roots, as the shoots under normal conditions do not play
such a role [92]. The low TF values for nickel can be further justified by the fact that nickel
is preferentially adsorbed by mineral components [102]. Additionally, Bonanno et al. [81]
observed that Cr shows low mobility from roots to shoots in P. australis tissues. It is also
reported in the literature that Fe shows high accumulation in roots but low translocation
from roots to the remaining organs [40], which is consistent with the results obtained in the
present study.

Other authors, during studies conducted on hydrophytic species, also found no or a
minimal transposition of components to the aboveground parts of plants, observing the
highest accumulation of metals in the roots [24,25]. Stoltz and Greger [103], in studies
conducted, among others, on P. australis, observed that most of the micronutrients they
studied (i.e., Cd, Cu, Zn and As) accumulated only in the plant roots and did not move
to the shoots, with the exception of Pb, which accumulated both in the roots and shoots.
Additionally, Bonanno and Giudice [81], during their study on the bioaccumulation of
metals (i.e., Cd, Cr, Cu, Hg, Mn, Ni, Pb and Zn) by P. australis, showed low mobility from
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the roots to the aboveground organs, proving that underground organs are the main zones
of metal accumulation. It has been observed in many studies that the concentration of
elements in the roots is much higher than in the leaves and shoots, which confirms that the
roots are the main site for metal uptake [104].

In the presented study, only in the case of cadmium transposition to the aboveground
parts of P. australis was recorded in each of the analysed variants. The highest TF for
cadmium was recorded in the control sample, where it was 784.

In the case of Mn, a low TF was recorded only after exposure to the leachate from the
closed landfill in Bielawa, which means accumulation in the roots. In all other cases, the
movement of Mn from the roots to the shoots was observed.

The Zn accumulated both in the roots (in the case of exposure to the leachate from
the landfills in Wrocław and Jawor) and moved to the aboveground parts (in the case of
exposure to the leachate from the landfill in Bielawa, Legnica and the control sample).

4. Conclusions

The analysis of micro- and macroelements in two selected plants, i.e., emerging
macrophytes (P. australis) and submerged macrophytes (C. demersum), treated with leachate
from four municipal landfills, showed that:

1. The concentrations of the heavy metals (Cu, Ni, Pb, Cr and Cd) in the studied plants
were low in all the analysed cases. Higher metal contents could often be observed in
the roots rather than in the shoots, but these differences were insignificant.

2. The chemical composition of the studied plant samples was primarily related to the
source of origin of the treated leachate (landfill), as clearly demonstrated by cluster
analysis for the C. demersum samples. However, in the case of the roots and shoots of
P. australis, significant differences were observed between the control and leachate-
treated samples. In many cases, similarities were found between plant samples after
exposure to different leachate concentrations, which was due to minor differences in
their composition.

3. The conducted studies showed that P. australis was not effective in translocating
certain elements (i.e., Na, Fe, Cr and Ni). The TF in all cases was below 1.0, indicating
that translocation with P. australis may not be an effective option for removing high
concentrations of pollutants contained in leachate. Cadmium showed the highest
translocation to the aboveground parts of P. australis (in each of the analysed variants).

4. The bioconcentration factor BCF, for the majority of the analysed parameters in
P. australis and C. demersum, remained at a low level. It reached values > 1 only in a
few cases, which demonstrates that both plants do not exhibit the features of a good
hyperaccumulator of the pollutants contained in leachate.

5. In the conducted studies, no significant differences were observed in the accumulation
of the studied components between submergent plants (C. demersum) and emergent
macrophytes (P. australis).
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8. Wdowczyk, A.; Szymańska-Pulikowska, A.; Gałka, B. Removal of selected pollutants from landfill leachate in constructed

wetlands with different filling. Bioresour. Technol. 2022, 353, 127136. [CrossRef]
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29. Gajewska, M.; Skrzypiec, K.; Jóźwiakowski, K.; Mucha, Z.; Wójcik, W.; Karczmarczyk, A.; Bugajski, P. Kinetics of pollutants
removal in vertical and horizontal flow constructed wetlands in temperate climate. Sci. Total Environ. 2020, 718, 137371. [CrossRef]
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Abstract: In wastewater treatment plants (WWTP), anaerobic digester (AD) units are commonly
operated under mesophilic and thermophilic conditions. In some cases, during the dry season,
maintaining a stable temperature in the digester requires additional power to operate a conditioning
system. Without proper conditioning systems, methanogens are vulnerable to temperature shifts.
This study investigated the effects of temperature shifts on CH4 gas production and microbial
diversity during anaerobic digestion of anaerobic sewage sludge using a metagenomic approach.
The research was conducted in lab-scale AD under stepwise upshifted temperature from 42 to 48 ◦C.
The results showed that significant methanogen population reduction during the temperature shift
affected the CH4 production. With 70 days of incubation each, CH4 production decreased from
4.55 L·g−1-chemical oxygen demand (COD) at 42 ◦C with methanogen/total population (M·TP−1)
ratio of 0.041 to 1.52 L·g−1 COD (M·TP−1 ratio 0.027) and then to 0.94 L·g−1 COD ( M·TP−1 ratio
0.026) after the temperature was shifted to 45 ◦C and 48 ◦C, respectively. Methanosaeta was the most
prevalent methanogen during the thermal change. This finding suggests that the Methanosaeta genus
was a thermotolerant archaea. Anaerobaculum, Fervidobacterium, and Tepidanaerobacter were bacterial
genera and grew well in shifted-up temperatures, implying heat-resistant characteristics.

Keywords: anaerobic digestion; biogas production; genomic analysis; shifted-up temperature; sludge
treatment and disposal; thermotolerant bacteria

1. Introduction

Water resources and environmental protection policies worldwide have mandated
thorough treatment of wastewater prior to discharge into water bodies [1]. Activated
sludge treatment is a common wastewater treatment method [2]. However, the main issue
regarding this type of treatment is sludge generated from primary sedimentation (PS)
and activated sludge (AS). Sludge produced from wastewater treatment plants (WWTP)
is produced in large volumes worldwide with up to 8910, 6510, 2960, 650, 580, 550, and
370 thousand metric tons of dry sludge produced annually by EU countries, the United
States, China, Iran, Turkey, Canada, and Brazil, respectively [3]. Considering the substantial
volumes of waste production, it is not surprising that WWTP sludge management and
disposal have become an area of significant concern globally [4]. As a result of its high water
content, low dewaterability, and rigorous regulations for sludge reuse and disposal, sludge
management is a demanding and complicated issue in wastewater treatment plants [5].

In some countries, landfill is the most favorable disposal method [6]. However, due to
the volume of sludge produced and the availability of the land area, attention has shifted
to the development of other potential usable products. Currently, the wastewater treatment
paradigm has shifted to an environmentally friendly process to reduce the volume of
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sludge disposed and convert it into a bioenergy source. The dry bulk of WWTP sludge
contains organic components that can be utilized to generate a significant quantity of
biomass energy [7]. Anaerobic digestion (AD) is one of the most reliable and promising
technologies [8], with several biological wastewater treatment plants applying it as an
end-treatment for sewage sludge, primary sludge, and waste-activated sludge [9–11]. In
Japan, especially in Ube wastewater treatment plants, sludge generated in PS and AS is
dewatered and delivered to an anaerobic digester.

AD has several benefits compared to other biological processes, such as effortless
operation, potentially creating an organic by-product that may be utilized in agriculture
and managed to provide an appropriate treatment process [12,13]. During anaerobic
digestion, organic compounds are hydrolyzed into soluble fermentable substrates, which
are subsequently fermented to acetate, carbon dioxide (CO2), and hydrogen gas (H2) by
acetogenic and acidogenic bacteria. These products are then consumed by methanogens
to generate methane (CH4) [9]. Silva et al. [14] investigated the CH4 and biohydrogen
production from a mixture of food waste, anaerobic sewage sludge, and glycerol. The
maximum yield of CH4 and biohydrogen obtained from the mixture was 342.0 mL CH4·g−1

vs. and 179.3 mL H2·g−1 VS, respectively. Without any substrate addition, anaerobic sludge
was also capable of generating biogas at 230 ± 29 mL·L−1·d−1 with CH4 production of
153 mL·L−1·d−1 [15].

There are several temperature conditions where anaerobic digestion frequently occurs
at psychrophilic (<30 ◦C), mesophilic (30–40 ◦C), and thermophilic (50–60 ◦C) [16]. Recent
studies have attempted to investigate the potential of biogas production from anaerobic
sludge at various temperatures. Mirmasoumi et al. [17] investigated the biogas production
of anaerobic sludge under two different conditions: mesophilic condition (37 ◦C) and
thermophilic condition (55 ◦C). Under mesophilic conditions, the maximum CH4 produced
was 0.246 m3 CH4·m−3 per digester per day. Meanwhile, a greater CH4 productivity
was obtained under thermophilic conditions, up to 0.64 m3 CH4/m3 per digester per day.
Kasinski [18] also found higher CH4 yields under thermophilic conditions than under
mesophilic conditions (0.56 L CH4·g−1 vs. −0.70 L CH4·g−1 VS and 0.25 L CH4·g−1

vs. −0.32 L CH4·g−1 vs., respectively). These findings suggest that biogas production
using anaerobic digestion generally favors high temperatures. However, in a large-scale
WWTP, maintaining thermophilic conditions in the reactor during anaerobic digestion will
require significant energy, which will lead to higher operational expenses, especially in
four-seasoned countries. In some cases, fermentation failure can occur owing to transient
temperature increases caused by power outages, mechanical faults, or human errors during
the fermentation process [19]. This motivates further extensive studies of thermotolerant
microorganisms for the anaerobic digestion process.

Thermotolerant microorganisms are microbial consortia that are robustly adapted to
harsh conditions during industrial applications [20]. Thermotolerant microorganisms are
mostly mesophilic, with optimum growth temperatures of 35–45 ◦C, which are 5–10 ◦C
higher than typical mesophilic strains of the same genus [21–24]. These strains cannot
be classified as thermophilic microorganisms, which are characterized by an optimum
growth temperature greater than 50 ◦C [19]. Few studies have examined the potential of
thermotolerant microorganisms during anaerobic digestion. Suksong et al. [25] studied the
gas production potential of thermotolerant microorganisms from the anaerobic digestion
of oil palm empty fruit bunches. The maximum CH4 yields identified for Clostridiaceae
and Lachnospiraceae with prehydrolysis empty fruit bunches were 252 mL CH4·g−1 vs. and
349 mL CH4·g−1 VS, respectively. Su et al. [20] discovered the potential of a thermotolerant
methanotrophic consortium for producing methanol from biogas. To date, there have been
no reports on the potential of thermotolerant microorganisms to produce biogas from the
anaerobic digestion of anaerobic sludge.

Notably, investigation of biogas production and genomic analysis from the anaerobic
digestion process under shifted-up temperatures has not been performed to date. Therefore,
there is an urgent need to expand our understanding of this field. Owing to the heat-
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resistant characteristics and possible benefits of AD in WWTP-scale applications, further
research regarding thermotolerant microorganisms needs to be performed, especially to
investigate their potential for biogas production. Therefore, the objectives of this study
were to investigate the potential of biogas production (especially CH4) and to identify the
most biogas-producing microorganisms among the cultures after being shifted to several
temperature levels.

2. Materials and Methods
2.1. Inoculum and Substrates

The inoculum (I) originated from anaerobically digested sludge obtained from a mu-
nicipal sewage treatment plant located in Ube City, Yamaguchi Prefecture, Japan. The
inoculum characteristics are listed in Table 1. The inoculum samples were then mixed with
the substrate (S) solution before being placed in an incubator and exposed to gradually
elevated temperature conditions. The substrate used for biogas production in this re-
search was a glucose-based synthetic wastewater consisting of 1.5 g·L−1 glucose, 2 mg·L−1

NaHCO3, 2 mg·L−1 K2HPO4, 1 g·L−1 yeast extract, 0.7 g·L−1 (NH4)2HPO4, 0.75 g·L−1

KCl, 0.85 g·L−1 NH4Cl, 0.42 g·L−1 FeCl3·6H2O, 0.82 g·L−1 MgCl2·6H2O, 0.25 g·L−1

MgSO4·7H2O, 0.018 g·L−1 CoCl2·6H2O, and 0.15 g·L−1 CaCl2·2H2O. Glucose was chosen
as the ideal carbon source for microbial metabolic transformations in the fermentation
process, and is also a readily biodegradable substance abundantly found in municipal
wastewater [26,27]. To obtain the maximum CH4 potential, the appropriate ratio between
the microorganisms and substrate must be determined [28]. The CH4 yield, in theory, is
independent of the inoculum to substrate ratio (I·S−1), and the I·S−1 ratio should influence
only the kinetics of CH4 production [29].

Table 1. Characteristics of anaerobic sludge as inoculum.

Parameters Anaerobic Sludge Units

pH 7.09 pH = −log10[a(H+)]
Total Solid (TS) 8000 mg/L

Volatile Solid (VS) 3000 mg/L
Fixed Solid (FS) 5000 mg/L

VS/TS ratio 0.37 -

In contrast, previous studies have demonstrated that the I·S−1 ratio can impact both
the CH4 yield and production rate, as significant evidence suggested that the ratio directly
influences the microorganism growth pattern [30–32]. Referring to the German Standard
VDI4630, the I·S−1 ratio should be adjusted to more than two [33]. Other studies have
discovered that a higher I·S−1 ratio generates more biogas on a consistent basis during
the AD process, while a lower I·S−1 ratio produces less biogas due to the lower pH and
accumulation of volatile fatty acids (VFAs) [34,35]. In this study, the I·S−1 ratio maintained
at approximately 3.0, which indicates that 1 mL of substrate was added for every 3 mL
of inoculum.

2.2. Experimental Procedures

Laboratory-scale anaerobic digester containers were later defined as vials. A total
volume of 160 mL was prepared. To ensure obligate anaerobic conditions, the vial was
filled with pure nitrogen gas to flush the remaining oxygen. Subsequently, the vials were
capped with butyl rubber stoppers and aluminum caps. Since the laboratory-scale vials
were used as the reactor in this research, there were some potential risks that may emerge,
such as lower capacity to contain total biogas production, low sample provision to perform
several monitoring parameters, and possibility that the sensitivities and instabilities in
the laboratory scale reactors do not represent that in the full-scale digesters [36]. This
research was divided into two categories: temperature shifted-up (shift-up) and controlled
temperature condition. For the shift-up research, in phase 1, batch experiments were
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performed by adding 110 mL of sludge as inoculum to a vial mixed with 40 mL of substrate.
The mixture was then incubated at 42 ◦C with shaking at 50 rpm for the first two weeks. This
action was intended to enhance the growth of microorganisms and ensure the availability
of nutrients during acclimatization.

After the first two weeks, phase 2 was initiated. Every time gas production declined
sharply, up to 2 mL of substrate with a chemical oxygen demand (COD) of 2000 mg·L−1

was injected into the vial. This treatment altered the reactor system from a batch reactor
to a fed-batch reactor system. The incubation was continued for 70 days of incubation
period in the fed-batch reactor system. Every 70 days, the temperature was increased by
3 ◦C for the shift-up research until it reached 45 ◦C and 48 ◦C. Meanwhile, the controlled
temperature research was carried out at 45 ◦C and 48 ◦C from the beginning of incubation
without any temperature shifts. This study was intended to compare the biogas production
and microbial communities among the shifted condition and stabilized condition. During
the fermentation period, the total gas volume and composition were measured daily using
gas chromatography.

A glass syringe was used to measure the volume of the biogas produced. The gas
composition of the samples, such as H2, N2, CH4, and CO2, was determined using gas
chromatography (GC-8APT/TCD; Shimadzu Co., Kyoto, Japan) with 60/80 activated
charcoal mesh column (1.5 m × 3.0 mm internal diameter) and argon gas as the carrier gas.
During operation, the temperatures of the injector, column, and detector were adjusted to
50 ◦C, 60 ◦C, and 50 ◦C, respectively.

2.3. Deoxyribonucleic Acid (DNA) Extraction and Sequencing

DNA was extracted according to the NucleoSpin® soil manual. Sludge samples were
prepared using an MN Bead Tube Type A (MACHEREY-NAGEL GmbH & Co., Düren,
Germany). KG was mixed with lysis buffer SL1 and lysed using Enhancer SX. Contaminants
were precipitated using lysis buffer SL3, and the lysate was filtered using a NucleoSpin®

Inhibitor Removal Column. Subsequently, the binding conditions were adjusted using
Binding Buffer SB. DNA was bound by loading 550 µL sample on the NucleoSpin® Soil
Column. After the binding phase, the silica membrane was washed with binding buffer SB,
wash buffer SW1, and SW2. Finally, the DNA was eluted using SE elution buffer. DNA
samples were then delivered to the Faculty of Medicine, Yamaguchi University, Japan, for
next-generation sequencing.

Next generation sequencing (NGS) was performed to acquire a broad range of genes
or gene regions from phylum to genus using the 16 s ribosomal ribonucleic acid (RNA)
gene amplicons for the Illumina MiSeq System, wherein DNA or RNA are sequenced
using hybrid capture or amplicon-based approaches (previously transcribed into comple-
mentary DNA). Using these approaches, the genome (all 3 billion base pairs), all coding
genes (exome; 1% of the genome or 30 million base pairs—that is 20,000 genes made of
180,000 exons), all RNA produced from genes (transcriptome), and any subset of these can
be sequenced [37].

2.4. Microbial Diversity Analysis

Diversity index analysis was conducted to determine possible changes in the microbial
communities during the anaerobic digestion process. A diversity index is a numerical
measure of how many distinct types (such as species) are present in a dataset (a community),
as well as the evolutionary relationships among individuals dispersed throughout those
types, such as richness, divergence, and evenness [38]. In this study, Simpson’s diversity
index, Shannon’s diversity index, and Shannon’s equitability index were utilized.

3. Results
3.1. Biogas Production under Shifted-Up Temperature

The fluctuation in daily CH4 production and cumulative CH4 production during the
first incubation at 42 ◦C is shown in Figure 1. During the batch anaerobic digestion period,
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biogas production increased gradually with the cumulative volume of biogas generated
being up to 316.5 mL on day 14, with cumulative CH4 production being up to 120.76 mL
CH4. The CH4 content in the biogas increased rapidly in the first 8 days, reaching 69% on
the 8th day, and 64.7% on average until day 13. Cumulative CH4 production increased
gradually in the first 3 days, and then showed a substantial increase on day 7 (66.59 mL
CH4). On the final day of the batch period, the cumulative methane production reached
120.76 mL CH4 which was equal to 1.43 L·g−1 COD feed. Theoretically, the energy recovery
(expressed as CH4 production) from digested wastewater sludge through anaerobic process
was 0.38 L·g−1 COD [39]. From this study, it took approximately four days of anaerobic
digestion to exceed the theoretical CH4 production with the aforementioned inoculum and
substrates, with an I·S−1 ratio of 2.75.

However, on the 14th day, methane production sharply decreased to 0 mL. Declining
CH4 production indicates a dead phase of methanogenic activity [40]. This drawdown
in CH4 production may also be linked to a decrease in pH caused by the interaction of
VFAs with other fragmented precursors during oxidative processes [41]. To maintain
CH4 production, 2 mL of the substrate was injected into the vial when CH4 production
started diminishing due to the scarcity of nutrients. As illustrated in Figure 1a, substrate
injection led to a spike in CH4 production as the activity of methanogenic microorganisms
increased due to the availability of glucose as a carbon source and other nutrients that
expedited microbial growth. Consequently, as shown in Figure 1a*, the cumulative volume
of methane produced increased significantly after substrate addition. At the end of the
incubation period at 42 ◦C, the cumulative CH4 production was observed to increase to
454.5 mL CH4, with a yield of 4.55 L·g−1 COD feed.

After incubation for 70 days at 42 ◦C, the incubation temperature was shifted to 45 ◦C
with the same treatment conditions and hydraulic retention times. Even though the same
sample was utilized, the cumulative CH4 calculation was restarted from 0 mL CH4. As
presented in Figure 1b, the daily CH4 production peaked at 17.2 mL CH4 which was
obtained on day 60 after receiving the 4th feed. From the Figure 1b*, the cumulative CH4
produced and yield after 70 days of incubation was 152.2 mL CH4 and 1.52 L·g−1 COD
feed, respectively. This was less than the volume of CH4 produced during incubation
at 42 ◦C by a factor of three. There was also a significant difference in CH4 production
behavior after the temperature was increased to 45 ◦C, e.g., a shorter period required to
shift from peak days to trough days, which denotes faster methanogenesis and death phase
for methanogenic bacteria. This shorter methanogenesis phase can be attributed to the
higher concentration of CO2 produced during the incubation period.

As shown in Figure 1c, CH4 production decreased further when the temperature was
increased to 48 ◦C. After 70 days of incubation, only 86.57 mL of CH4 was produced, with a
CH4 yield of 0.94 L·g−1 COD feed. The CH4 production trend after the 3rd feed at shifted-
up 45 ◦C is a good illustration of the potential inhibition of methanogenic bacterial activity
by the presence of high CO2 levels (Figure 2). The high CO2 levels indicated the occurrence
of acetoclastic methanogenesis in the AD process, which later led to the abundant presence
of VFAs, particularly acetic acid [42]. The decrease in CH4 was also parallel to the decrease
in overall biogas production consisting of H2, N2, CH4 and CO2, which is illustrated in
Figure 3a. The total biogas production decreased from 1161.93 mL (11.61 L·g−1 COD feed)
at 42 ◦C to 672 mL (6.7 L·g−1 COD feed) and then to 505 mL (5.49 L·g−1 COD feed) after the
temperature was shifted to 45 ◦C and 48 ◦C, respectively. The decreasing CH4 production
volume after being shifted-up to the higher temperature at 45 ◦C and 48 ◦C was followed
by the decline in CH4 content in biogas compositions as seen in Figure 3b–d.

At the end of incubation period, the concentration of COD, total suspended solids
(TSS), volatile suspended solids (VSS), and pH were measured for each temperature condi-
tion. As seen in Table 2, the concentration of COD was increasing up to 3-fold, in contrast
to TSS and VSS that significantly decreased every temperature shift. This finding indicates
that the number of microbial communities (represented by VSS) declined every upshifted
thermal condition and subsequently causing a depletion on microbial activity, which even-
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tually resulted in the lower organic matter consumed by microorganisms in the reactor.
The pH is another parameter that affects digestion process. The pH increased substantially
from 7.64 at 42 ◦C to 8.20 and 8.33 when the temperature was shifted-up to 45 ◦C and 48 ◦C,
respectively. Subsequently, the biogas production decreased along with the rising pH. This
finding supports a research study from Kouzi et al. [43] who discovered that the optimum
pH range for sewage sludge AD was 7.0, while the biogas production was considerably
lower in the reactors with higher pH of 8.0, 9.0, and 10.0.
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Figure 3. Total biogas production (H2, N2, CH4, and CO2) of anaerobic sludge during the shifted-up
temperature conditions (a) and biogas composition at 42 ◦C (b), shifted-up to 45 ◦C (c), and shifted-up
to 48 ◦C (d).

Table 2. Effluent quality in each temperature condition after incubation period.

Temperature
(◦C) pH

Total Suspended
Solids (TSS)
in mg·L−1

Volatile Suspended
Solids (VSS)

in mg·L−1
VSS.TSS−1

Chemical Oxygen
Demand (COD)

in mg·L−1

42 ◦C 7.64 7300 4675 0.64 498.72
45 ◦C 8.20 6860 4105 0.60 1911.76
48 ◦C 8.33 6880 3465 0.50 3690.52
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3.2. Alpha Diversity Analysis

To study the changes in microbial diversity at the upshift temperature, samples from
the reactor were used for DNA isolation for bioinformatic analysis using NGS. For compar-
ison, several samples from other fed-batch reactors with controlled temperatures of 42 ◦C,
45 ◦C, and 48 ◦C were examined for their microbial diversity. This action was intended to
elucidate the differences among microbial communities and compositions that matured
under controlled and shifted-up temperatures. The Shannon diversity index (SDI) and
Simpson index were used to measure and compare the richness of the microbiota at a cer-
tain temperature, while the Shannon equitability index (SEI) was assigned to approximate
the evenness of the microbiota diversity.

As illustrated by Figure 4a,b, the index value for both richness and evenness of the
microbiota communities spread within the range 3.2–3.7 and 0.46–0.54, respectively. The
Simpson index, as seen in Figure 4c, ranged from 0.89 to 0.96, indicating high diversity for all
sample conditions. The deviation of the diversity index between the shifted-up temperature
conditions and controlled temperature conditions was not significantly discerned, which
signifies that each reactor has a close similarity of microbiota abundance and species to
each other. However, compared to the controlled temperature conditions, the shifted-up
temperature conditions showed a significant drop in microbiota diversity, with an increase
in temperature. The diversity index value declined from 3.72 at 42 ◦C to 3.22 at 48 ◦C.
This indicated that several bacteria communities were vanished during the temperature
shift. This was also confirmed by the decrease in the equitability index value; however,
since the equitability values were greater than 0.1, some microorganism colonies managed
to acclimatize to this chaotic condition and experienced massive growth while the other
colonies became extinct. The effects of temperature on diversity were confirmed using
analysis of variance (ANOVA), with significance of p < 0.05. The probability value (p-value)
for all diversity indices (SDI, SEI, and Simpson index) was p < 0.001, which signified that
there were statistically significant differences in relative abundances and diversity indices
between several temperature conditions.
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(a) Shannon-Wiener Diversity Index; (b) Shannon Equitability Index; and (c) Simpson Diversity Index.
Note: (*) signs the shifted-up temperature.
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3.3. Microbial Community Structure

Overall, the number of methanogens decreased sharply when the temperature was
shifted from 42 ◦C to 45 ◦C, as shown in Figure 5. Methanosaeta was the most dominant
methanogenic archaea that existed during incubation at 42 ◦C, shifted up to 45 ◦C, subse-
quently shifted up to 48 ◦C, and also abundant during incubation atcontrolled temperatures
of 45 ◦C and 48 ◦C. This result implied that Methanosaeta is a thermotolerant methanogen.
The relative abundances of methanogens at the order level at various temperatures are
shown in Figure 6a. The composition of methanogens in both shifted-up temperature
and controlled temperature conditions was dominated by the orders Methanobacteriales,
Methanomicrobiales, and Methanosarcinales. Among the three methanogens, Methanosarcinales
was the most abundant (86.89% at 42 ◦C, 88.84% at shifted-up 45 ◦C, 59.14% at shifted-up
48 ◦C, 85.56% at controlled 45 ◦C, and 78.54% at controlled 48 ◦C).

At the family level, as illustrated in Figure 6b, the methanogen communities were
composed of Methanosaetaceae, Methanomicrobiaceae, Methanoregulaceae, Methanobacteriaceae,
Methanosarcinaceae, and Methanospirillaceae. The Methanosaetaceae family was abundant, with
relative abundances of 85.01% at 42 ◦C, 88.05% at shifted-up 45 ◦C, 56.52% at shifted-up
48 ◦C, 84.76% at controlled 45 ◦C, and 51.14% at controlled 48 ◦C. In this study, Methanosaeta
was the only descendant of the Methanosaetaceae family. At the genus level, Methanoculleus,
Methanolinea, Methanobacterium, Methanobrevibacter, Methanosarcina, Methanothermobacter,
Methanofollis, Methanosalsum, Methanogenium, and Methanolobus were detected at all temper-
atures (Figure 6c). However, during the incubation at a controlled temperature of 48 ◦C, the
dominance of Methanosaeta was lower than under shifted-up temperature (84% of the total
methanogens at shifted-up 48 ◦C and 51% at controlled 48 ◦C) while Methanosarcina genes
were detected up to 27% of the total methanogens. These findings confirmed the results of
Figeac et al. [44] who discovered that the family Methanosarcinaceae was the most abundant
acetotrophic archaea in the initial thermophilic inoculum, whereas the Methanosaetaceae
family was mostly found in the initial mesophilic inoculum. Therefore, the population of
Methanosaeta with an initial temperature of 48 ◦C was considerably lower than that in the
upshift condition that was initially acclimatized under mesophilic conditions (at 42 ◦C).
Apart from acetotrophic methanogens, hydrogenotrophic methanogens, such as members
of genera Methanobacterium, Methanobrevibacter, and Methanothermobacter, started to grow
significantly after the reactor temperature was shifted up to 48 ◦C. Hydrogenotrophic
methanogens favor thermophilic conditions, whereas acetotrophic methanogens cannot
resist high temperatures [45].
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Figure 5. Methanogens total number of genes hit by NGS during anaerobic digestion process in
several temperature conditions. Note: (*) signs the shifted-up temperature.
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Figure 6. Methanogens distribution in shifted-up temperature (*) and controlled temperature:
(a) order level; (b) family level; and (c) genus level.

Methanobacterium communities grew from 2.5% to 7.4% of the total methanogen popula-
tion, and Methanobrevibacter population ranged from 0.76% to 1.64% at a shifted-up tempera-
ture of 42–48 ◦C. This finding contradicts previous research reporting that Methanobacterium
genera were mostly found at lower mesophilic temperature (24–35% at 35 ◦C and 32–45% at
37 ◦C) and eradicated with increasing the temperature to 55 ◦C [44,46]. Methanobrevibacter
genera were also found to be the dominant methanogens at 24 ◦C and 35 ◦C and vanished
at 55 ◦C [44]. However, the researchers did not examine the existence of Methanobrevibacter
genera at higher mesophilic temperatures (42–48 ◦C). Judging from the results of previous
studies that showed Methanobacterium and Methanobrevibacter were abundant in the lower
mesophilic conditions, our research reported a significant spike in the population of those
methanogens after shifting up temperatures to higher mesophilic conditions, signifying
that Methanobacterium and Methanobrevibacter genera potentially have heat-resistant charac-
teristics that allow them to compromise the staggering increase in temperature conditions.
Lastly, Methanothermobacter population increased from 0.17% to 0.24% relative abundance at
42–48 ◦C. This is not surprising as Methanothermobacter genera is a thermophilic methanogen
that dominated methanogenesis at temperatures of 50 ◦C and higher [47–50].

The distribution of non-methanogenic bacteria is also an important factor for deter-
mining the influence of several bacteria on CH4 production. As seen in Figure 7a, Clostridia
and Synergistia were the most abundant bacteria at the order level, with respective relative
abundances of 31.11% and 18.50% at 42 ◦C, 42.98% and 20.88% at shifted-up 45 ◦C, 24.38%
and 34.83% at shifted-up 48 ◦C, 23.43% and 30.49% at 45 ◦C, and 27.88% and 28.17% at 48 ◦C.
Clostridia was found to be dominant at both mesophilic (this research) and thermophilic
temperatures (at 52 ◦C) [51], indicating that the Clostridia order belongs to thermotolerant
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bacteria. According to the experimental results, Synergistia were found at higher mesophilic
temperatures, but in some cases, were also found abundantly at low temperatures of
20 ◦C [52]. This suggested that Synergistia was resistant to both low-and high-temperature
environments, leading to the conclusion that temperature had a responsive connection with
the microbial community structure. At the family level, Anaerobaculaceae, Clostridiaceae, and
Thermoanaerobacterceae dominated the microbial communities, as shown in Figure 7b. At the
genus level (see Figure 7c), Anaerobaculum, Fervidobacterium, Tepidanaerobacter, Clostridium,
Moorella, Aminiphilus, Carboxydocella, and Methanosaeta are some microorganism genera that
exhibited noteworthy growth during the temperature shift. Anaerobaculum and Tepidanaer-
obacter from the Thermoanaerobacterales family are syntrophic bacteria that have an essential
role in converting short-chain fatty acids to methanogenic components such as acetate, H2,
and formate [53]. Moorella has been identified as an acidogenic bacterium [54], whereas
Clostridium is a hydrogen-producing bacterium that plays a key role in the hydrolysis
process [46].
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Compared to the other types of microorganisms, methanogenic archaea were shown
to have the least portion of the population among the microbial communities. The decrease
in the methanogen population accelerated faster in shifted-up temperature conditions than
in controlled temperature conditions. However, the number of methanogen populations
is unlikely to affect CH4 production. The cumulative CH4 production decreased along
with the decline in the methanogen:total population (M·TP−1) ratio during the shifted-up
temperature period. This result contradicts the outcome of the controlled temperature, in
which the cumulative CH4 production increased conspicuously despite the fluctuation in
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the M·TP−1 ratio (Figure 8a). To date, no particular ratio has been found to be effective in
understanding the influence of the microbial ratio (the existence of a particular microorgan-
ism) on biogas production. The closest ratio was that of sulphate-reducing bacteria (SRB) to
methanogens (SRB·M−1). Previous research has stated that the existence of SRBs in the AD
process may inhibit CH4 production as it would compete with methanogens for convenient
H2, acetate, propionate, and butyrate [55]. From the shifted-up temperature experiment,
the SRB·M−1 ratio showed harmony with the statement of previous research. The higher
the SRB·M−1 ratio, the lower the CH4 production as the SRB emulated the methanogens in
consuming available H2 (Figure 8b).
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Figure 8. Comparison between cumulative CH4 production and M·TP−1 ratio (a) and sulphate-
reducing bacteria (SRB) to methanogen ratio (b). Note: (*) signs the shifted-up temperature.

Nevertheless, the results from the controlled temperature experiments showed that
the SRB·M−1 ratio was also ineffective in determining the relationship between the ratio
and CH4 production. At controlled 48 ◦C, the maximum CH4 volume production was
observed despite the low M·TP−1 ratio and high SRB·M−1 ratio. Under these conditions,
the populations of Methanosarcina and Methanoculleus genera were the most abundant.
Methanosarcina genera are known to be the major contributors to CH4 production [56]
and manage to perform all methanogenesis pathways (hydrogenotrophic, acetoclastic,
and methylotrophic) that help them survive in food competition [57]. In contrast to other
methanogens, Methanosarcina was capable of growing significantly under high concentra-
tions of VFAs and ammonia, which are the foremost inhibitors in biogas production [58].
Methanoculleus, in contrast, has been reported to increase in abundance along with elevated
sulfate concentration [59]. Thus, both Methanosarcina and Methanoculleus acclimatized well
and were attributed to high CH4 production under high inhibitor concentrations.

These findings may explain the phenomenon of increasing CH4 production at a
controlled temperature of 48 ◦C. The influence of Methanosarcina and Methanoculleus on CH4
production was demonstrated by considering the decreasing volume of CH4 production
parallel to the decrease in Methanosarcina and Methanoculleus abundance during shifts in
temperature. Methanosarcina abundances decreased from 2% to 0.75% and 0.59%, parallel
to the Methanoculleus population that declined from 6.52% to 4.96% and 3.81% during the
incubation at temperature of 42 ◦C, shifted up to 45 ◦C, and shifted up to 48 ◦C, respectively.

4. Discussion

In AD processes, temperature has a significant influence on biogas production and
microbial ecology [60,61]. There has been a number of research that examined the effects of
temperature in mesophilic and thermophilic conditions [18,62,63]. However, to the best
of our knowledge, the assessment of biogas production (especially CH4) and microbial
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community adaptation under multiple rising temperature conditions in a fed-batch reactor
has not been widely studied. We expected instability in microbial communities (especially
methanogens) and decreased CH4 production, along with the temperature shift process ow-
ing to perturbations caused by sudden temperature changes. Among the three temperature
conditions, there was a noticeable decrease in CH4 production when the temperature was
increased. The cumulative CH4 production decreased from 454 mL at 42 ◦C to 152 mL after
increasing the temperature to 45 ◦C and to 86.57 mL after increasing the temperature to
48 ◦C. This result is consistent with previous findings for the shifted-up temperature [51,64].
Each temperature shift was conducted after 70-day incubation periods in order to allow
a period of acclimatization for methanogens and other bacteria. The total methanogen
abundance in shifted-up 45 ◦C and 48 ◦C were close to that in controlled 45 ◦C and 48 ◦C
after 70 days operation. Previous studies showed potential steadier operation condition in
term of CH4 production after acclimatization for 100–140 days, yet the risks of instability
still exists [51,65].

Beale et al. [64] investigated the effect of upshift temperature shock from 37 ◦C to 42 ◦C
on the biogas production volume of anaerobically digested sludge. Similarly, the biogas
generated after the temperature was increased to 42 ◦C was persistently lower than that
from the controlled digester at 37 ◦C during the first 32 days of operation. Identical results
were also reported by Ziembinska-Buczynska et al. [66] who found a significant decrease
in the biogas production rate from 70.5 L·day−1 to 28.6 L·day−1 along with an increase in
temperature from 38 ◦C to 55 ◦C. Researchers also discovered that there was a decrease
in microbiota diversity as the temperature of the digester influenced the evolution from
mesophilic to thermophilic conditions. Some methanogens cannot survive at higher tem-
peratures (heat unresistant), e.g., Methanobrevibacter (37–39 ◦C), Methanogenium (20–25 ◦C),
or Methanobacterium (37–45 ◦C) [67]. However, our research contradicts the findings of
Bouskova et al. [68] who discovered higher CH4 production after the temperature was
shifted from 42 ◦C to 47 ◦C, 51 ◦C, and 55 ◦C. A possible reason for the observed discrep-
ancies was the characteristics and ratio of the inoculum and substrates. The researchers
used an inoculum with TS of 31.24 g·L−1 and vs. of 14.48 g·L−1. Meanwhile in our study,
the inoculum consisted of 8 g·L−1 TS and 3 g·L−1 VS. Previous researchers also utilized a
mixture of primary sludge and waste activated sludge as substrates which also contained
seeds of microorganisms that maintained the longevity of biogas production.

We also found that the presence of excessive CO2 in the reactor may have led to
lower methane production. Methanogenic bacteria require CO2 and H2 to produce CH4,
which indicates that if the CO2 volume was greater than CH4 after substrate feeding,
this signifies the failure of these bacteria to consume sufficient quantities of CO2 and H2,
which consequently would lead to the accumulation of VFAs, lower CH4 yield, and low
pH [69,70]. Low pH is a serious concern as it inhibits methanogenic bacteria due to the
increase in the concentration of free acid molecules, which is harmful for microorganisms
and impacts enzymatic activity [71]. It has been suggested that microbiota composition
and methanogenic pathways are altered when encountering an immediate low pH and
high acetate crisis (pH 5.5–6.5, completely hindered at pH 5.0) [72].

Temperature shifts also affected the microbial communities in the reactor, especially
the methanogens. The number of methanogens decreased significantly after the temper-
ature was shifted from 42 ◦C to 45 ◦C and then stabilized at 48 ◦C, as shown in Figure 4.
This instability supported the study by Westerholm et al. [51] who found that immense
perturbation occurred in the interval of 40–44 ◦C, signifying that the 40–44 ◦C temperature
range had a significant impact on both mesophilic and thermophilic microbial populations.
The only conceivable interpretation for this phenomenon is that the temperature range
may be greater than the upper threshold for the growth of mesophiles but not sufficiently
high for the growth of thermophiles [73]. Because our reactor was initially developed
using mesophilic anaerobic sludge, this potentially limits the abundance of thermophilic
microorganisms. Tian et al. [74] omitted the 40–44 ◦C area and still found a transitory
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decrease in total methanogen concentration after the temperature was shifted (37–55 ◦C),
but then recovered quickly on day 11.

Among all the methanogens, Methanosaeta (Methanosaetaceae family) was the most
abundant under all temperature conditions in this study. This finding contradicts the find-
ings of Kim et al. [75] who reported that the Methanosaetaceae family started to dominate
the microbial structure only at temperatures above 45 ◦C. A plausible explanation for this
difference is that the researchers started cultivation at 35 ◦C, which was more favorable to
the growth of Methanomicrobiales order than Methanosarcinales (the ancestor of Methanosae-
taceae). The instability of methanogen populations in anaerobic digestion also led to an
increase in some types of bacteria that contributed to H2 and VFAs consumption, such as
SRBs. As illustrated in Figure 7b, our research shows that the increasing SRB/methanogen
ratio has a considerable influence on the decrease in CH4 production under the shifted-up
temperature conditions. This result supports the idea from previous studies that reported
that sulfide generation by SRBs inhibits methanogenesis, with the latter being the leading
rival of methanogens for electron donors and substrates [65,76]. In addition, Beale et al. [64]
emphasized that even a small amount of SRBs was enough to inhibit biogas production, as
methanogens were vulnerable to the toxicity caused by metabolic products of SRBs.

Although this study characterized the behavior of some microorganisms and their
influence on CH4 production during the shifted-up temperature, there are still several
unidentified factors that can potentially affect the outcome of the AD process. Further stud-
ies are needed to determine and characterize the mechanism by which shifted temperature
may affect the abundance of microorganisms, especially methanogenesis-related microbiota
(e.g., methanogens, SRB, methanotrophs, hydrogenotrophs, acetotrophs, nitrogen-fixing
bacteria, and sulfate-oxidizing bacteria) and the influence on CH4 production. Other micro-
bial communities with syntrophic and fermentative behaviors, as well as their metabolic
networks, merit study. Minimizing the number of unknown microorganisms may also
provide a clearer insight into the relationship between the abundance of microorganisms
and CH4 production, as in this study, we detected a large number of unknown bacteria.

5. Conclusions

Treating wastewater sludge using anaerobic digestion does not eliminate the risk
of temperature instability. Consequently, the effects of shifting the temperature during
anaerobic digestion of anaerobic sludge were investigated in this study. The results showed
a considerable reduction in the CH4 cumulative gas production, from 454 mL (4.55 L·g−1

COD) to 152 mL (1.52 L·g−1 COD) then to 86.57 mL (0.94 L·g−1 COD) when the temperature
of the reactor was increased from 42 ◦C to 45 ◦C and subsequently to 48 ◦C, respectively.
Several factors have been attributed to the decrease in CH4 production under the shifted-up
temperature, such as the decreasing methanogen population (expressed as the M·TP−1

ratio) due to intense food competition, increasing SRB populations over methanogens,
and low abundance of major CH4 producers (e.g., Methanosarcina and Methanoculleus).
Methanosaeta was the most dominant methanogen in this study, while Anaerobaculum and
Tepidanaerobacter were the most abundant syntrophic bacteria, and Clostridium which are
known as hydrogen-producing bacteria. Overall, the diversity of the anaerobic microbial
consortium observed in this study altered slightly during the shift in the thermal condi-
tions. This indicated that the majority of the communities belonged to thermotolerant
microorganisms.
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Biomass Using Dark Fermentation. Renew. Sustain. Energy Rev. 2018, 91, 665–694. [CrossRef]

27. Scherhag, P.; Ackermann, J.U. Removal of Sugars in Wastewater from Food Production through Heterotrophic Growth of
Galdieria Sulphuraria. Eng. Life Sci. 2021, 21, 233–241. [CrossRef]

28. Yoon, Y.M.; Kim, S.H.; Shin, K.S.; Kim, C.H. Effects of Substrate to Inoculum Ratio on the Biochemical Methane Potential of
Piggery Slaughterhouse Wastes. Asian-Australas. J. Anim. Sci. 2014, 27, 600–607. [CrossRef]

29. Filer, J.; Ding, H.H.; Chang, S. Biochemical Methane Potential (BMP) Assay Method for Anaerobic Digestion Research. Water
2019, 11, 921. [CrossRef]

30. Raposo, F.; De La Rubia, M.A.; Fernández-Cegrí, V.; Borja, R. Anaerobic Digestion of Solid Organic Substrates in Batch Mode: An
Overview Relating to Methane Yields and Experimental Procedures. Renew. Sustain. Energy Rev. 2012, 16, 861–877. [CrossRef]

31. Raposo, F.; Banks, C.J.; Siegert, I.; Heaven, S.; Borja, R. Influence of Inoculum to Substrate Ratio on the Biochemical Methane
Potential of Maize in Batch Tests. Process Biochem. 2006, 41, 1444–1450. [CrossRef]

32. Liu, Y. Bioenergetic Interpretation on the S0/X0 Ratio in Substrate-Sufficient Batch Culture. Water Res. 1996, 30, 2766–2770.
[CrossRef]

33. Wang, B. Factors That Influence the Biochemical Methane Potential (BMP) Test: Steps towards the Standardisation of BMP Test; Lund
University: Lund, Sweden, 2016; ISBN 9789174224368.

34. Ma, X.; Jiang, T.; Chang, J.; Tang, Q.; Luo, T.; Cui, Z. Effect of Substrate to Inoculum Ratio on Biogas Production and Microbial
Community during Hemi-Solid-State Batch Anaerobic Co-Digestion of Rape Straw and Dairy Manure. Appl. Biochem. Biotechnol.
2019, 189, 884–902. [CrossRef] [PubMed]

35. Dixon, P.J.; Ergas, S.J.; Mihelcic, J.R.; Hobbs, S.R. Effect of Substrate to Inoculum Ratio on Bioenergy Recovery from Food Waste,
Yard Waste, and Biosolids by High Solids Anaerobic Digestion. Environ. Eng. Sci. 2019, 36, 1459–1465. [CrossRef]

36. Bolzonella, D.; Pavan, P.; Battistoni, P.; Cecchi, F. Mesophilic Anaerobic Digestion of Waste Activated Sludge: Influence of the
Solid Retention Time in the Wastewater Treatment Process. Process Biochem. 2005, 40, 1453–1460. [CrossRef]

37. Ramdial, P.K.; Bastian, B.C.; Goodlad, J.; McGrath, J.A.; Lazar, A. Specialized Techniques in Dermatopathology. In McKee’s
Pathology of the Skin; Elsevier: Amsterdam, The Netherlands, 2012.

38. Tucker, C.M.; Cadotte, M.W.; Carvalho, S.B.; Jonathan Davies, T.; Ferrier, S.; Fritz, S.A.; Grenyer, R.; Helmus, M.R.; Jin, L.S.;
Mooers, A.O.; et al. A Guide to Phylogenetic Metrics for Conservation, Community Ecology and Macroecology. Biol. Rev. 2017,
92, 698–715. [CrossRef]

39. Wei, C.H.; Harb, M.; Amy, G.; Hong, P.Y.; Leiknes, T.O. Sustainable Organic Loading Rate and Energy Recovery Potential
of Mesophilic Anaerobic Membrane Bioreactor for Municipal Wastewater Treatment. Bioresour. Technol. 2014, 166, 326–334.
[CrossRef]

40. Tetteh, E.K.; Rathilal, S. Biophotocatalytic Reduction of CO2 in Anaerobic Biogas Produced from Wastewater Treatment Using an
Integrated System. Catalysts 2022, 12, 76. [CrossRef]

41. El-Gendy, N.S.; Nassar, H.N. Biosynthesized Magnetite Nanoparticles as an Environmental Opulence and Sustainable Wastewater
Treatment. Sci. Total Environ. 2021, 774, 145610. [CrossRef]

42. González, J.; Sánchez, M.; Gómez, X. Enhancing Anaerobic Digestion: The Effect of Carbon Conductive Materials. C 2018, 4, 59.
[CrossRef]

43. Kouzi, A.I.; Puranen, M.; Kontro, M.H. Evaluation of the Factors Limiting Biogas Production in Full-Scale Processes and Increasing
the Biogas Production Efficiency. Environ. Sci. Pollut. Res. 2020, 27, 28155–28168. [CrossRef]

44. Figeac, N.; Trably, E.; Bernet, N.; Delgenès, J.P.; Escudié, R. Temperature and Inoculum Origin Influence the Performance of
Ex-Situ Biological Hydrogen Methanation. Molecules 2020, 25, 5665. [CrossRef]

45. Zabranska, J.; Pokorna, D. Bioconversion of Carbon Dioxide to Methane Using Hydrogen and Hydrogenotrophic Methanogens.
Biotechnol. Adv. 2018, 36, 707–720. [CrossRef] [PubMed]

46. Tang, Q.; Xu, J.; Liu, Z.; Huang, Z.; Zhao, M.; Shi, W.; Ruan, W. Optimal the Ex-Situ Biogas Biological Upgrading to Biomethane
and Its Combined Application with the Anaerobic Digestion Stage. Energy Sources Part A Recover. Util. Environ. Eff. 2021, 43,
2147–2159. [CrossRef]

140



Int. J. Environ. Res. Public Health 2022, 19, 5728

47. Guneratnam, A.J.; Ahern, E.; FitzGerald, J.A.; Jackson, S.A.; Xia, A.; Dobson, A.D.W.; Murphy, J.D. Study of the Performance of a
Thermophilic Biological Methanation System. Bioresour. Technol. 2017, 225, 308–315. [CrossRef] [PubMed]

48. Martin, M.R.; Fornero, J.J.; Stark, R.; Mets, L.; Angenent, L.T. A Single-Culture Bioprocess of Methanothermobacter Thermau-
totrophicus to Upgrade Digester Biogas by CO2-to-CH4 Conversion with H2. Archaea 2013, 2013, 1–11. [CrossRef]

49. Bassani, I.; Kougias, P.G.; Treu, L.; Porté, H.; Campanaro, S.; Angelidaki, I. Optimization of Hydrogen Dispersion in Thermophilic
Up-Flow Reactors for Ex Situ Biogas Upgrading. Bioresour. Technol. 2017, 234, 310–319. [CrossRef]

50. Porté, H.; Kougias, P.G.; Alfaro, N.; Treu, L.; Campanaro, S.; Angelidaki, I. Process Performance and Microbial Community
Structure in Thermophilic Trickling Biofilter Reactors for Biogas Upgrading. Sci. Total Environ. 2019, 655, 529–538. [CrossRef]

51. Westerholm, M.; Isaksson, S.; Karlsson Lindsjö, O.; Schnürer, A. Microbial Community Adaptability to Altered Temperature
Conditions Determines the Potential for Process Optimisation in Biogas Production. Appl. Energy 2018, 226, 838–848. [CrossRef]

52. Wang, S.; Ma, F.; Ma, W.; Wang, P.; Zhao, G.; Lu, X. Influence of Temperature on Biogas Production Efficiency and Microbial
Community in a Two-Phase Anaerobic Digestion System. Water 2019, 11, 133. [CrossRef]

53. Hao, L.; Michaelsen, T.Y.; Singleton, C.M.; Dottorini, G.; Kirkegaard, R.H.; Albertsen, M.; Nielsen, P.H.; Dueholm, M.S. Novel
Syntrophic Bacteria in Full-Scale Anaerobic Digesters Revealed by Genome-Centric Metatranscriptomics. ISME J. 2020, 14,
906–918. [CrossRef]

54. Alves, J.I.; van Gelder, A.H.; Alves, M.M.; Sousa, D.Z.; Plugge, C.M. Moorella Stamsii Sp. Nov., a New Anaerobic Thermophilic
Hydrogenogenic Carboxydotroph Isolated from Digester Sludge. Int. J. Syst. Evol. Microbiol. 2013, 63, 4072–4076. [CrossRef]

55. McCartney, D.M.; Oleszkiewicz, J.A. Competition between Methanogens and Sulfate Reducers: Effect of COD:Sulfate Ratio and
Acclimation. Water Environ. Res. 1993, 65, 655–664. [CrossRef]

56. Conrad, R. Contribution of Hydrogen to Methane Production and Control of Hydrogen Concentrations in Methanogenic Soils
and Sediments. FEMS Microbiol. Ecol. 2006, 28, 193–202. [CrossRef]

57. Habtewold, J.; Gordon, R.; Sokolov, V.; VanderZaag, A.; Wagner-Riddle, C.; Dunfield, K. Reduction in Methane Emissions from
Acidified Dairy Slurry Is Related to Inhibition of Methanosarcina Species. Front. Microbiol. 2018, 9, 2806. [CrossRef] [PubMed]

58. Demirel, B.; Scherer, P. The Roles of Acetotrophic and Hydrogenotrophic Methanogens during Anaerobic Conversion of Biomass
to Methane: A Review. Rev. Environ. Sci. Biotechnol. 2008, 7, 173–190. [CrossRef]

59. Ma, T.T.; Liu, L.Y.; Rui, J.P.; Yuan, Q.; Feng, D.S.; Zhou, Z.; Dai, L.R.; Zeng, W.Q.; Zhang, H.; Cheng, L. Coexistence and
Competition of Sulfate-Reducing and Methanogenic Populations in an Anaerobic Hexadecane-Degrading Culture. Biotechnol.
Biofuels 2017, 10, 207. [CrossRef]

60. Mei, R.; Nobu, M.K.; Narihiro, T.; Kuroda, K.; Muñoz Sierra, J.; Wu, Z.; Ye, L.; Lee, P.K.H.; Lee, P.H.; van Lier, J.B.; et al.
Operation-Driven Heterogeneity and Overlooked Feed-Associated Populations in Global Anaerobic Digester Microbiome. Water
Res. 2017, 124, 77–84. [CrossRef]

61. Guo, X.; Wang, C.; Sun, F.; Zhu, W.; Wu, W. A Comparison of Microbial Characteristics between the Thermophilic and Mesophilic
Anaerobic Digesters Exposed to Elevated Food Waste Loadings. Bioresour. Technol. 2014, 152, 420–428. [CrossRef]

62. Odirile, P.T.; Marumoloa, P.M.; Manali, A.; Gikas, P. Anaerobic Digestion for Biogas Production from Municipal Sewage Sludge: A
Comparative Study between Fine Mesh Sieved Primary Sludge and Sedimented Primary Sludge. Water 2021, 13, 3532. [CrossRef]

63. Shu, C.H.; Jaiswal, R.; Kuo, M.-d.; Yu, B.H. Enhancing Methane Production in a Two-Stage Anaerobic Digestion of Spent
Mushroom Substrate and Chicken Manure via Activation of Sludge, Optimization of Temperature, and C/N Ratio. Front. Environ.
Sci. 2022, 9, 1–11. [CrossRef]

64. Beale, D.J.; Karpe, A.V.; McLeod, J.D.; Gondalia, S.V.; Muster, T.H.; Othman, M.Z.; Palombo, E.A.; Joshi, D. An “omics” Approach
towards the Characterisation of Laboratory Scale Anaerobic Digesters Treating Municipal Sewage Sludge. Water Res. 2016, 88,
346–357. [CrossRef]

65. Moestedt, J.; Nilsson Påledal, S.; Schnürer, A. The Effect of Substrate and Operational Parameters on the Abundance of Sulphate-
Reducing Bacteria in Industrial Anaerobic Biogas Digesters. Bioresour. Technol. 2013, 132, 327–332. [CrossRef] [PubMed]
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Abstract: Old leachate normally has a low organic compound content, poor biodegradability and is
hard to biologically treat. The efficacy of tetravalent metal salts as a coagulant and the application
of a natural coagulant as a flocculant in landfill leachate treatment is still inconclusive. Hence, this
study aimed to evaluate the potential application of tin tetrachloride (SnCl4) as the main coagulant
and the rubber seed (Hevea brasiliensis) (RS) as the natural coagulant aid as the sole treatment in
eradicating highly coloured and turbid stabilised landfill leachate present at one of the old local
landfills in Malaysia. The standard jar test conducted revealed that SnCl4 was able to eliminate 99%
and 97.3% of suspended solids (SS) and colour, respectively, at pH8, with 10,000 mg/L dosages, an
average particle size of 2419 d·nm, and a zeta potential (ZP) of −0.4 mV. However, RS was found to
be ineffective as the main coagulant and could only remove 46.7% of SS and 76.5% of colour at pH3
with 6000 mg/L dosages, and also exhibited smaller particles (933 d·nm) with ZP values of −6.3 mV.
When used as a coagulant aid, the polymer bridging mechanism in RS helped in reducing the SnCl4
concentration from 10,000 mg/L to 8000 mg/L by maintaining the same performances. The presence
of 1000 mg/L RS as a coagulant aid was able to remove 100% of SS and 97.6% of colour. The study
concluded that RS has the potential to be used together with SnCl4 in treating concentrated leachate
with SS and colour.

Keywords: solid waste; landfill; leachate; tin tetrachloride; Hevea brasiliensis

1. Introduction

Among the available methods of waste disposal, landfilling is still one of the most
commonly used methods worldwide. This is because compared to the other waste disposal
methods, landfilling provides a more economical and simple procedure to be applied.
However, without proper management, it may lead to serious environmental problems,
as landfilling tends to produce toxic gases and liquids, such as leachate [1,2]. Leachate
is high-strength wastewater and is black in colour, containing numerous toxic pollutants
that can pose a danger to the surroundings. Old leachate is categorised as stabilised and
matured leachate, which is in the methanogenic phase. Stabilized leachate usually contains
a lower concentration of organic compounds than younger leachate [3]. However, this

Int. J. Environ. Res. Public Health 2022, 19, 3016. https://doi.org/10.3390/ijerph19053016 https://www.mdpi.com/journal/ijerph



Int. J. Environ. Res. Public Health 2022, 19, 3016

leachate has low biodegradability due to its high content of non-biodegradable organic
compounds [4–6]. Physical-chemical processes such as the coagulation-flocculation tech-
nique are appropriate and recommended for stabilised leachate to treat chemical oxygen
demand (COD), suspended solids (SS), colour, and heavy metals [7,8]. Leachate is very
difficult to deal with and to treat due to its complex composition. It normally requires
multiple treatment methods, which depend on the type and age of the landfill.

The process of removing the pollutants from the leachate can be achieved by disrupting
the stability of its surface particles. A coagulation and flocculation procedure causes the
surface charge of the particles to be reduced or destabilised by the addition of chemicals,
known as a coagulant. Meanwhile, the flocculation process involves the agglomeration of
particles, forming into a bigger size [9–11]. By applying the coagulation and flocculation
treatments, concentrated heavy metals, organics, colour, chemical oxygen demand (COD)
and total suspended solids are expected to be removed effectively [12].

Primary coagulants and coagulant aids are used in this process. Usually, primary
coagulants consist of metal salts, and coagulant aids are mostly derived from polymers/
polyelectrolytes. The coagulant aid acts to improve the roughness of the floc, hence
increasing its density, which then minimises the breakup of the floc during the mixing and
settling process, as well as reducing the flocculation and settling period [13,14]. The amount
of primary coagulant (metal salt coagulant) in the treatment process can be decreased by
the coagulant aid. At the same time, the sludge also contains a lower level of chemical
residues.

The amount of electrolyte needed to coagulate a certain quantity of a colloidal solution
relies on the valency of the ion having a counter charge to that of the colloidal particles.
As stated by the Schulze-Hardy rule, stability decreases with the increase in counter-
ion valency [15]. The degree of destabilisation is different depending on the coagulant.
Coagulant with a higher valence of the counter-ion provides a greater destabilisation effect,
which in turn lowers the dose required in the process [16]. This is due to the attractive
electrostatic forces between the ions. The ionic strength of a metal ion (of a salt) used in the
destabilisation of the colloidal particles is determined by the valence. As the electrostatic
forces of repulsion are decreased, the attraction forces of van der Waals are increased, which
induce the ions’ kinetic movement through the diffuse layer [17]. Hence, for the coagulation
of negatively charged particles, tetravalent cations are more efficient than trivalent cations,
which are more efficient than divalent ions, which are far more efficient than monovalent
cations.

Several works have been performed to identify the possibility of four valence state
coagulants through the coagulation-flocculation process. Zhao et al., (2013) [18] used the
poly titanium tetrachloride (PTC) in treating synthetic water, which removed 89.2% of
UV254 and 61.6% of dissolved organic carbon (DOC). Aziz et al., (2015) [19] studied leachate
treatment by titanium tetrachloride (TiCl4) obtained 81.4%, 86.7%, and 76.5% reductions
in colour, SS, and ammoniacal nitrogen, respectively. At the same time, Aziz and Ramli
(2014) [20] found that zirconium tetrachloride (ZrCl4) was able to remove 93.4% of SS,
94.3% of colour and 97% of UV254 from the leachate. We used tin (IV) chloride (SnCl4) as a
sole coagulant in our previous works in treating COD in the same leachate as in the current
study. The optimum conditions occurred at pH7.17 and SnCl4 dosage of 15,012 mg/L,
which exhibited 67.6% reductions in COD [21].

Tin salts have been applied in most other water/wastewater treatments. For example,
a study conducted by Mathews et al., (2015) [22] involves the use of tin (II) chloride in
the removal of Hg (mercury) in stream water by air stripping method. From the study,
it was found that the use of SnCl2 as the coagulant was able to remove more than 90%
of Hg (mercury) from the stream water. The removal achieved was relatively higher. In
addition, another study conducted by Kennedy et al., (2020) [23] found that the use of
SnCl2 together with rapid sand filtration in a pilot scale in the treatment of groundwater
achieved a consistent removal of chromium (Cr) from the groundwater. Moreover, Zepeda
et al., (2018) [24] applied the usage of tin oxide (SnO2) synthesised from SnCl4, finding that
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it allowed the significant removal of both nickel (Ni2+) and copper (Cu2+) ions from an
aqueous solution. Therefore, theoretically, it was expected that SnCl4, as the tetravalent
coagulant with four valencies, is able to remove and act as one of the best coagulants in
removing pollutants from the leachate.

Hence, the current work was undertaken to examine the possibility of employing tin
(IV) chloride and RS as an alternative coagulant and coagulant aid (flocculant), respectively.
These substances have not yet been tested together in treating water, wastewater, and
landfill leachate as a sole treatment. The target pollutant parameters were colour and SS,
which are among the hardest parameters to treat in stabilised leachate [25]. The goal of this
research was to assess the possibility of reducing the primary coagulant quantity of tin (IV)
chloride (SnCl4) by adding RS as a flocculant.

2. Materials and Methods
2.1. Characterisation of Leachate

The case study leachate was sampled from the Alor Pongsu Landfill Site (APLS),
located at 5◦04′ N, 100◦35′ E in Alor Pongsu, Perak, Malaysia. The monitoring of the
leachate characteristics was conducted for 12 months starting from November 2018 to
October 2019, and the results are outlined in Table 1.

Table 1. Raw compositions of Alor Pongsu Landfill leachate.

Parameter. Min Max Average Discharge
Limit 1 Method Number Instrument

pH 8.12 6.0–9.0
BOD5 (mg/L) 45 112 85 20 5210 B DO meter
COD (mg/L) 1390 5078 2937 400 5220 D DR Spectrophotometer
BOD5/COD 0.02 0.07 0.03 -

Suspended Solids (mg/L) 258 547 411 50 HACH Methd 8006 DR Spectrophotometer
Ammoniacal nitrogen

(mg/L NH3-N) 1160 2820 1448 5 HACH Method 8038 DR Spectrophotometer

Colour (Pt.Co) 9480 22,970 15,062 - HACH Method 8025 DR Spectrophotometer
Turbidity (NTU) 9.68 44.59 22.0 APHA 2130 B Turbiditimeter

Zeta Potential −18.6 −22.4 −20.5 Zetasizer
1 According to Environmental Quality (Control of Pollution from Solid Waste Transfer Station and Landfill)
Regulations 2009 (PU (A) 433).

The BOD5/COD ratio of Alor Pongsu leachate is 0.03, which is <0.1; hence, it is in a
stable form and is difficult to biologically treat. It is necessary for this type of leachate to be
pretreated so that the organic compound becomes much simpler and can easily be broken
down by the bacteria. The colour level is also considered extremely high (maximum value
almost reached 23,000 PtCo), and this could be associated with the high organic content
(humic and fulvic acids) present in the leachate.

2.2. Preparation of Tin Tetrachloride (SnCl4) Stock Solution

Tin tetrachloride (SnCl4) was provided by BG OilChem Sdn. Bhd. (Permatang Pauh,
Pulau Pinang, Malaysia). The stock solution of 40 g/L was prepared, and the appropriate
working concentrations were obtained based on the dilution principle. The working
concentrations of SnCl4 varied from 8000 mg/L to 18,000 mg/L.

2.3. Preparation of Rubber Seed (Hevea brasiliensis) Stock Solution

The raw rubber seeds used in this study were obtained from a local rubber tree farm
located in Sg. Petani, Kedah, Malaysia. The seed coats were removed, and the seeds were
dried at 105 ◦C in an oven for 30–60 min to remove the moisture. Next, a heavy-duty
grinder was used for crushing the dried rubber seeds into powder. The stock solution of
rubber seed was prepared by mixing the rubber seed powder with distilled water, and the
mixture was agitated at room temperature for 30 min. Then, the blend was filtered thrice
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using a filter cloth. The solution was then diluted to the desired concentration needed for
the experiment. The working concentrations used for RS were varied from 1000 mg/L to
10,000 mg/L. These were prepared by adding an appropriate amount of RS into distilled
water. One gram of RS added into 1 L of distilled water is equivalent to a 1000 mg/L
solution. The non-diluted solution was made daily and used on the day it was prepared.

2.4. Zeta Potential and Particle Size Measurement

The zeta potential was evaluated using a 25 ◦C Malvern Zetasizer Nano ZS (Malvern
Instruments, Malvern, UK) instrument. The measurement was conducted for the raw
leachate and also for the sample obtained immediately after the coagulation and flocculation
process. All samples were tested in triplicate. For each test, the capillary cell was injected
with 1 mL of supernatant by means of a syringe [26]. The particle electrophoretic mobility
was measured by means of the light dispersion/dynamic light scattering method. This
method is sometimes also referred to as photon correlation spectroscopy or quasi-elastic
light scattering, and is a technique used for measuring the size or particles especially in the
sub-micron region. The sample was tested following the standard procedures provided
in the Malvern Zetasizer manual. In an applied electric field, the motion of the particles
leads to a minor frequency change in the dispersed light, and laser Doppler electrophoresis
typically detects this slight movement [27,28].

2.5. Coagulation and Flocculation Test

The coagulation and flocculation tests were conducted in the laboratory by means
of a standard jar test instrument equipped with 6 paddles (VELP Scientifica Srl, Usmate,
Italy). The leachate samples used in the experiment was 500 mL for each beaker. There-
fore, a total of 3 L was required for the 6 beakers. To prevent the settling of solids, the
leachate sample was completely agitated, and the sample was allowed to condition at the
ambient temperature for about 30 min. Using 3 M hydrochloric acid (HCl) or 3 M sodium
hydroxide, the pH of the samples was modified to the appropriate pH value (pH3–11)
(NaOH). The acid and base used in this study were also used by other researchers, for
example [29,30]. Then, using the pre-determined value of the operational condition, the
leachate was agitated simultaneously. For the determination of SnCl4 and RS as the main
coagulant, the doses were varied from 8000 mg/L to 18,000 mg/L and from 1000 mg/L
to 10,000 mg/L, respectively. Meanwhile, for the determination of RS as the coagulant
aid, the doses were varied in the range of 100 mg/L to 250 mg/L, 500 mg/L, 750 mg/L,
1000 mg/L, 2000 mg/L, 4000 mg/L, 6000 mg/L, 8000 mg/L and 10,000 mg/L. The tests
were conducted at an optimum pH8. The jar test was run at 220 rpm for 5 min (rapid
mixing) and 60 rpm for 30 min (slow mixing). The samples were allowed to settle for 40
min. The samples were then tested for zeta potential, colour and suspended solids. The
removal percentages were calculated based on the SS and colour concentrations before
(raw) and after the experiments in relation to their raw concentrations.

Percentage Removal (%) = [(Ci − Cf)/Ci] × 100 (1)

where:
Ci = initial concentrations.
Cf = final of suspended solids and colour.

3. Results and Discussion
3.1. Influence of Coagulant Dosages

Figures 1 and 2 illustrate the effect of tin tetrachloride (SnCl4) and rubber seed (RS)
dosage on the removal performance. The tests were conducted by varying the coagulant
dosage of SnCl4 and RS at leachate original pH, which is 8.24. Based on the preliminary
experiments, for SnCl4, the dosages were varied from 8000 mg/L to 18,000 mg/L, while for
RS, the dosages of coagulants ranged from 1000 mg/L to 10,000 mg/L.
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Figure 1. Impact of coagulant dosage on SS and colour removals with SnCl4.
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Figure 2. Impact of coagulant dosage on SS and colour removals with RS.

It can be noted from Figure 1 that when the amount of SnCl4 was increased from
8000 mg/L to 10,000 mg/L, the elimination for SS and colour also increased from 80.1% to
99% and 75.6% to 97.3%, respectively. Beyond 10,000 mg/L, the removals for both dropped,
gradually for colour and significantly for SS. This was due to the overdosing of coagulant
dosage, which leads to the destabilisation of the particles (partly associated as organics in
colour) and hence gives a lower removal compared to at the optimum point [31]. However,
RS was found not as effective as a coagulant, as shown in Figure 2. At an optimal dosage of
6000 mg/L, the removals for both were less than 30%, a little bit better for colour (about
23%) compared to SS. This is because the addition of RS tends to increase the organic matter
content in leachate, which could not be effectively settled even after the treatment.

3.2. Influence of pH

The impact of pH on performance is shown in Figure 3. The pH values were varied
from pH3 to pH11. We excluded pH2 and pH12 because these values are too extreme. The
optimum pre-determined dosages for both SnCl4 (10,000 mg/L) and RS (6000 mg/L) were
applied in this investigation.
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Figure 3. Impact of pH on SS and colour removals by SnCl4 and RSS.

Based on Figure 3, the removal of SS and colour increased with the increase in pH from
3 to pH8, when SnCl4 was applied as the main coagulant. The elimination was increased
from 71.2% for SS and 90.9% for colour at pH3 to almost complete removal (100%) at pH8
for both. Beyond pH8 as the optimum, the removals gradually dropped until pH11, where
the removals for SS and colour were 40.3% for colour and 15% for SS. A number of soluble
hydrolysis species were then produced when SnCl4 (a metal salt coagulant) was applied
to the sample. The species may be charged either positively or negatively, based on the
pH of the sample. The formation of a positively charged surface could destabilise the
negatively charged colloidal particles. The destabilisation of the particles will lead to the
aggregation of particles and the establishment of flocs. The condition where positively
charged surface species adsorb onto the surface of the negatively charged particles is called
a charged neutralisation mechanism [32]. When the amount of the coagulant exceeds the
optimum level, this overdosing condition leads to the destabilisation of the particles, which
hinders the settlement. As the SS also constitutes some organics that may also contribute to
the colour level, a non-efficient settlement of particles would also exhibit poor removal of
colour.

As opposed to the SnCl4, when RS was applied as the main coagulant, the SS and
colour reductions decreased with the increase in the pH values. The highest removal
was at pH3 with 68.4% and 87.8% removals for SS and colour, respectively. Then, as
the pH increased from pH4 to 11, the reduction in SS and colour started to gradually
drop until it reached the lowest removal at pH 6 with less than 5% reductions for both.
Better removals at pH3 are due to the acidic effect from the acid used and not due to the
RS applied. A few studies on natural coagulant have also reported good performances
at acidic pH. Kristianto (2017) [33] used Leucaena leucocephala seed’s extract as a natural
coagulant to eradicate dye from synthetic wastewater and managed to reduce 99% of
colour at pH3. In addition, Zonoozi et al., (2011) [34] removed 83% of colour from dye-
containing solutions when chitosan was employed as the main natural coagulant. The high
performance obtained at acidic conditions is due to the protonation of the extracted protein
from the natural coagulant. Basically, under acidic conditions, a higher H+ concentration
from the protonation will neutralise the negative charges of the wastewater surface particles.
Therefore, more removal was obtained under this condition when natural coagulant was
used as the main coagulant [20,33,34].
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3.3. Rubber Seed as Coagulant Aid

We examined the potential of RS as a coagulant aid in reducing the optimum SnCl4
dose (10,000 mg/L) as determined in the previous experiment. We ranged the SnCl4
dosages from 4000 mg/L to 8000 mg/L. Our previous experiment indicated that the SnCl4
dosage could not be reduced below 8000 mg/L, as the removal for both SS and colour
were fairly low (less than 50%), as also shown in Figure 1. This is because too much or
not enough coagulant added into water/wastewater will make the removal less efficient.
This is due to the overdosing or insufficient surface charge to affect the stability of the
colloid’s particles [35]. For this, we run the experiment at a fixed SnCl4 of 8000 mg/L, and
we vary the coagulant aid dosages (RS) from 100 mg/L to 250 mg/L, 500 mg/L, 750 mg/L,
1000 mg/L, 2000 mg/L, 4000 mg/L, 6000 mg/L, 8000 mg/L and 10,000 mg/L. The tests
were undertaken at an optimum pH8. The results are shown in Figure 4.
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Figure 4. Percentage reductions in SS and colour at 8000 mg/L SnCl4 with different ranges of RS as
the coagulant aid at pH8.

Figure 4 indicates that the removal of SS and colour increased as the RS dosages
increased. When the RS dose rose from 100 mg/L to 1000 mg/L, the removal for SS was
improved from about 90% to almost 100% and from 92% to about 97% for colour. Beyond
1000 mg/L, the reductions in the performance for colour were not significant and were
maintained above 90% at different RS dosages. However, there is a significant drop in
the SS removals beyond 1000 mg/L of RS. This is due to the overdosing phenomenon, as
explained before. Even though the concentration of SnCl4 was reduced from 10,000 mg/L
to 8000 mg/L, in the presence of RS as a coagulant aid, the removals for SS and colour
were on par with the performance of SnCl4 alone, as presented in Figure 1. According
to Aygun and Yilmaz (2010) [32], the use of natural polyelectrolyte as coagulant aid can
assist in reducing the concentration of metal coagulant without affecting the removal of
the parameters. Basically, there are four types of mechanisms involved in the coagulation
and flocculation process. In the case of natural coagulant aid, the possible mechanism is
charge neutralisation or polymer bridging. However, compared to charge neutralisation,
the polymer bridging mechanism is more dominant in plant-based coagulant aid. During
the polymer bridging mechanism, the surface of the colloidal particles will attach to the
polymer chains because of the existence of affinity between them. In addition, for a bridging
mechanism to be effective, the addition of enough polymer dosage is an important criterion,
as it helps to provide a sufficient site for particle attachment. It will provide sufficient
unoccupied surface for particle attachment and the bridging span, which should be at a
distance so that the interparticle repulsion between the particles is hindered. Therefore,
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adequate natural coagulant dosage will provide sufficient bridging links and surfaces for
the removal of pollutants [36]. In polymer bridging, the particle surface of the colloid is
able to attach to the loop of RS polymer chain. This polymer bridging mechanism helps
in reducing the amount of chemical dosage (SnCl4), through the charge neutralisation
mechanism. The combination of these two mechanisms is able to remove a high percentage
of SS and colour.

Organic matter (some in insoluble forms), measured as turbidity, and SS contribute
mainly to colour in landfill leachates [13]. SnCl4 is a cationic coagulant with positive
electric charges. It helps to decrease the negative charge of hydroxide-forming colloids
when dissolved in water. This hydroxide is hydrophobic in nature, meaning it can adsorb
to the surface of organic anionic particles and become insoluble [37]. According to (Awang
et al., 2012) [38], ‘bridging’ is the main mechanism that governs the agglomeration of the
constituents for the coagulants that present as a negative surface charge. The addition of
RS could help to form bigger flocs and enhance particle settlement, thus improving the
removal rates. According to the findings, it was found that RS could be used as a coagulant
aid to minimise the amount of metal coagulant used.

3.4. Comparisons of Zeta Potential (ZP) and Particle Size of SnCl4 and Rubber Seed

The effect of pH on the ZP and particle size on the reduction in SS and colour using
SnCl4 and RS are illustrated in Figures 5 and 6. The particle size measurement was carried
out by using the Malvern Zetasizer Nano ZS by applying the dynamic light scattering
method (DLS). First, a laser is employed to provide a light source for the sample particles
within a cell. Then, the intensity of the dispersed light is measured using a detector. Because
a particle scatters light in all directions, the detector can theoretically be placed anywhere
and yet detect the scattering. The detector’s scattering intensity signal is sent to a correlator,
which is a digital signal processor. The information from the correlator is then sent to
a computer, where the Zetasizer software analyses the data and calculates the size. The
determination of the sample particle size in this study is important, as it provides the
effectiveness of the coagulant when added into the treatment. This is because, depending
on the surface charge of the coagulant, the agglomeration will be induced to form a bigger
size of particles/colloid, which then settles down during the settlement process. The
relationship of ZP and particle size in removing the SS and colour was conducted in the
existence of 10,000 mg/L of SnCl4, which was the optimum dosage pre-determined before
and in the pH range of 3–11.
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Figure 5. The influence of pH on the Zeta potential and particle size of SnCl4.
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Figure 6. The influence of pH on the Zeta potential and Particle Size of Rubber Seed.

The ZP during the removal of SS and colour showed a gradual decrease throughout
the pH values. Starting from pH3, the ZP increased slightly from 13.6 mV to 15.2 mV at
pH5. Then, it slowly started to become less positive as the pH moved from pH6 until it
approached a negative ZP value. The ZP values in the range of pH7 to pH8 were −1.8 mv
to −0.4 mV, respectively, approaching the zero value. The point where the ZP becomes zero
is known as the isoelectric point (IEP). Therefore, it can be said that the IEP value for SnCl4
to remove the pollutants from leachate lies in this pH range (pH7–8). Starting from pH7
onwards, the ZP of the sample became more negative, from −1.8 mV at pH7 to −22.4 mV
at pH11.

This can be correlated from the results in Figure 3 showing that the removals were
obtained at a pH range between 7 and 8 with an associated particle size of 2419 d·nm and
ZP of −0.4 mV. This enhances the settlement of the flocs. The removal for colour and SS
at this pH range was about 98% for both. The particle size at approaching zero ZP will
have a greater size compared to the particles with a higher (more negative or positive)
ZP, which occurred at acidic (pH < 6) and basic (pH > 8) conditions, as shown in Figure 5.
This situation happens because the particle surface charge in the IEP range (pH7–8) is
less compared to the more negatively or too positively charged ZP. The thickness of the
diffusion layer in the particles is reduced when the surface charge of the particle is lower.
The reduction in the thickness of the layer of particles hence will decrease the repulsive
force between the particles. This led to the agglomeration and induced them to come closer
and form a much larger particle [39,40].

Meanwhile, the effect of pH on the ZP and particle size in removing the SS and colour
from the leachate using RS as the main coagulant is shown in Figure 6. Compared to ZP
and particle size when SnCl4 was used as the coagulant, there was not much effect of RS as
a coagulant on the ZP and the size of the particles. As the pH moved from pH3 to pH11,
the ZP of the sample became more and more negatively charged. It started with −6.3 mV
at pH3 to −19.7 mV at pH11. Since the ZP of the sample became more negatively charged,
the size of the particle also became much smaller, which contributed to low removals for
pollutants. The highest removal obtained at pH3 was 46.7% for SS and 76.5% for colour
with an associated ZP of −6.3 mV and an average particle size of 933 d·nm. As the pH
increased, the removal of SS and colour started to decrease. Smaller particle sizes were
recorded with an increase in pH. For example, the particles at pH4 were 535 d·nm and
reduced to 234 d·nm at pH11. These conditions did not favour the settlement of flocs. This
is because the negatively charged particle (pH6–11) appear to repel each other and prevent
the particles from coming closer to form much bigger particles.
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3.5. Comparisons of SnCl4 with Different Types of Metal Coagulants

Table 2 compares the performance of different metal salts and their valencies in landfill
leachate treatment.

Table 2. Comparisons of optimal dosage on the removal of SS and colour using different types of
coagulant from landfill leachate.

Types of
Coagulant

Optimal Dosage
(mg/L)

Optimal
pH

Raw Leachate Concentration Efficiency Removal (%)
ReferencesColour

(PtCo)
SS

(mg/L) Colour SS

Aluminium
Sulfate 9000 7 4372 351 84 96 [41]

PAC 5000 6 5517.5 745 98 99.5 [25]

FeCl3
3000 7 4372 351 92 89 [41]
3600 6 5318 297 95.5 - [20]
1500 6 3199 407 95 94 [42]

ZrCl4 1500 4 5000 441 94.3 93.4

TiCl4
1200 4 17,075 397 82 92 [29]
600 6 4253 330 81.4 86.7 [19]

SnCl4 10,000 8 22,970 548 97.3 99 This Study
SnCl4 + RS 8000 SnCl4 + 1000 RS 8 22,970 548 97.6 100 This Study

Compared with the previous works, the raw leachate that we examined in the current
study was generally the highest initial concentration of the raw leachate (colour 22,970 PtCo
and SS 548 mg/L). A higher concentration of leachate pollutants usually requires a higher
coagulant dosage. Our conclusion (8000 SnCl4 and 1000 RS) in the current work is consid-
ered in line with the results of previous workers, especially by Rui et al., (2015) [41] (9000
mg/L Alum). However, they used less concentrated leachate. Even though lower dosages
of metal salts were found by other researchers, most of them used fairly low to moderate
levels of leachate pollutants.

3.6. Operating Cost Calculation

The estimation of the coagulation treatment costs in removing suspended solids and
colour removal is shown in Table 3. However, our calculation was derived from laboratory
work only. The reagent cost involved the three types of chemical reagents: hydrochloric
acid (HCl) and sodium hydroxide (NaOH) for pH alteration, and tin tetrachloride (SnCl4).
The energy cost was estimated according to the electricity unit cost based on the electricity
tariff by our local energy provider, i.e., Tenaga Nasional Berhad (TNB), Malaysia.

Table 3. The quantity and cost of coagulant required for SS and colour treatment at lab scale (per 3 L
of leachate).

Item Estimated Usage Cost
(per kg or L or W) Total Reference

Reagents Cost
HCl MERK 37% 25 mL RM 550/2.5 L RM 5.50

[43,44]
NaOH 97% Pellets 25 mL RM 335/500 g RM 16.80

SnCl4 75 mL (for 6 beakers) RM 269/100 g RM 201.8
Rubber Seed 120 mL (for 6 beakers) RM 1.00/kg RM 120.00

Energy Cost
Jar test (VELP-Scientifica, Model: JLT6) 19 W RM 0.73/kW RM 14.00 [45]

Total RM 358.10
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4. Conclusions

• At pH8 and with 10,000 mg/L concentration, SnCl4 as the main coagulant was able to
remove 99% and 97.3% of SS and colour, respectively, with an associated particle size
of 2850.7 d·nm and ZP values of −0.4 mV.

• RS was ineffective as a sole coagulant with only 46.7% and 76.5% reductions in SS
and colour, respectively, at pH3, a 6000 mg/L dosage, 933 d·nm, and a ZP value of
−6.3 mV.

• In the presence of 1000 mg/L of RS, the dosage of SnCl4 could be reduced from
10,000 mg/L to 8000 mg/L by the bridging mechanism, with almost complete removal
of 100% of SS and colour.

• As a sole landfill leachate treatment system, this study concludes that RS showed
better potential as a coagulant aid compared to when it is used as a main coagulant.
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Abstract: Rainwater harvesting is considered one of the most important water resources in the
Palestinian countryside. In this research, the study area chosen for the study was Yatta town in
Hebron city. 75 water samples were collected from 74 cisterns in a number of neighborhoods in
Yatta, and a structured household survey was conducted with the same households where the water
samples were collected. Statistical analysis was made using the SPSS software. An analysis for the
samples was made using ICP-MS to test the existence of a number of heavy metals, namely Pb, Cr,
Mn, Co, Ni, Cu, Zn and Cd. The results were compared with the WHO and Palestinian limits for
drinking water quality. Considering the metals Mn, Co, Cu and Cd, neither of the samples exceeded
any of the two limits. For the metals, Pb, Cr, and Ni, two samples exceeded both limits. For the
metal, Zn, one sample exceeded the WHO limit only. Sources of pollution by heavy metals of the
harvested rainwater were identified by means of a questionnaire distributed to the households. The
results showed that except for nickel and the water collection surface of the cistern factor, there is no
direct relationship between the factors and activities that may contribute to contaminate harvested
rainwater with heavy metals and the existence of heavy metals beyond local and international limits.
Based on the questionnaire and literature: Possible sources of lead and zinc are the roof, storage tanks,
distribution systems and plumbing; possible sources of chromium are road dust, asbestos brakes
and anthropogenic activities occurring around the house; possible source of nickel is leaching from
metals in contact with harvested rainwater such as pipes and fittings which are used to collect the
harvested rainwater. In addition, an assessment of the potential health risks due to contamination of
the harvested rainwater by heavy metals was made for all the samples that exceeded either WHO
limit or the Palestinian limit or both. The Chronic Daily Intake (CDI) and the Health Risk Index (HRI)
were calculated. The assessment was made for both adults and children. The results showed that
all the samples are considered safe (HRI < 1), which means that there are no potential health risks
for consumers.

Keywords: heavy metals; harvested rainwater; health risk; developing countries

1. Introduction

Supply of water security that meets the quality parameters specified in applicable
standards, is now the basis for the functioning of most societies [1]. Worldwide, one in three
people do not have access to safe drinking water, and so billions of people still lack access to
clean drinking water [2]. Ensuring access to water and sanitation for all through sustainable
management of water resources is the sixth of the 17 goals of the Sustainable Development
Goals, developed by the UN General Assembly in 2015 [1]. The climate change impacts
on the water resources quantity and quality, besides the increasing frequency of extreme
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events, e.g., floods and droughts, are becoming an important problem [3]. Water is the most
important resource; it is utilized largely in agricultural production and is fundamental to
ensuring global food security. The overutilization of water resources creates complex prob-
lems, such as waterlogging and salinization, and results in the depletion of groundwater
resources [4]. Water is a vital substance in the environment, and its contamination with
heavy metals is considered a worldwide environmental problem [5–7]. Heavy metals are
important pollutants to groundwater, surface water, and harvested rainwater [8–11]. Com-
mon heavy metals that human beings are exposed to include: Aluminum (Al), Cadmium
(Cd), Chromium (Cr), Lead (Pb), Mercury (Hg), Copper (Cu), Zinc (Zn), Iron (Fe), Nickel
(Ni) and Cobalt (Co).

Among the various pollutants of harvested rainwater, heavy metals are always of big
concerns due to their severe toxicities, and so heavy metals are regulated in drinking water
by the United States Environmental Protection Agency (U.S. EPA, USA) [12]. When heavy
metals enter into the human body, they could easily bind to vital cellular components
and accumulate in organisms, resulting in a series of diseases and disorders, e.g., cancers,
osteomalacia, kidney malfunction, etc. [13], depending on the type and amount of the metal
involved [14,15]. Their toxicity is made by forming complexes with proteins where they
contain carboxylic acid (−COOH), amine (−NH2) and thiol (−SH) groups.

Worldwide, cancer is considered a significant health care problem, and it is considered
the second most cause of death. According to WHO, environmental factors are responsible
for more than 70% of cancer cases. Many heavy metals are considered carcinogenic ac-
cording to the classification of WHO and the International Agency for Research on Cancer
(IARC), e.g., cobalt, mercury, lead, arsenic, nickel, cadmium, beryllium, chromium and
others [16]. For example, many studies showed that people who drink water containing
high levels of arsenic have higher risks of bladder, kidney, lung, colon, liver and skin
cancer [17,18]. In addition, cadmium is known to cause kidney, prostate and lung cancer,
aluminum can cause lung and bladder cancer [16].

As a first step of water pollution prevention, accurate and rapid monitoring of the
heavy metals is vital. Ideally monitoring methods are expected to identify point sources of
pollutants and the variation of non-point sources of pollutants in the environment. One
of the main sources of heavy metals in harvested rainwater collected from roof surfaces
is the roofing material. Storm water runoff, collected from both roof surfaces and ground,
collects a variety of pollutants, e.g., excess nutrients, metals, hydrocarbons and pesticides
that may leach from traditional roofing materials or may be introduced onto roofs through
wet and dry depositions [19,20]. The first flush of runoff water occurring at the beginning
of the storm contains a high proportion of the pollutants loads, including heavy metals [21].
Other sources of heavy metals are mineral particles from ground surface, components
originating from industrial emissions, vehicles emissions and fuel combustion products
emitted to the atmosphere [22,23].

Rainwater harvesting is a common practice in the West Bank of Palestine, especially
in the southern part where water is very scarce [24]. In these areas, during winter season,
rainwater is collected from the rooftops of the houses and stored in cisterns. There is a
high probability that this water might be contaminated with heavy metals coming from,
for instance, from dust, roof materials, etc. [25]. Problems related to rainwater quality and
its contamination with heavy metals are significant from the point of view of health. While
scientific knowledge is important for knowledge-based policy development, combining
science and local knowledge from stakeholders is necessary for developing more inclusive
approaches and locally targeted solutions [26].

Harvested rainwater, used for domestic purposes including human consumption,
cooking, toilets and showers etc. in the southern part of the West Bank, was the main focus
of this research. Rural areas in Hebron, specifically different neighborhoods of Yatta area,
were selected as the study area, since many of them are not served with water distribution
networks, experiencing a shortage of water, and thus resorting to rainwater harvesting
techniques [27]. This research brings new cognitive and practical conclusions from the
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Palestine to science to ensure the safe use of the limited water resources. It concerns both
rainwater and surface and groundwater. The research addresses the important issue of
evaluating the safety of harvested rainwater. This issue is timely as climate change is im-
pacting freshwater resources and an understanding of the factors that impact contaminant
levels is urgently needed. this paper adds to the knowledge pool of water quality, especially
rainwater, in water stressed countries of arid to semi-arid climates. The main objectives
of this research were to investigate the occurrence of different heavy metals (Pb, Cr, Mn,
Co, Ni, Cu, Zn and Cd) in harvested rainwater collected in cisterns; to identify sources of
heavy metals pollution of the harvested rainwater; and to assess the potential health risks
due to contamination of harvested rainwater used for drinking by heavy metals.

2. Methodology
2.1. Study Area

The focus of this research is on Yatta area. Yatta town is approximately 8 km south of
the city of Hebron. Hebron is a Palestinian city, located in the southern West Bank, 30 km
south of Jerusalem. It lies 930 m above sea level. It is the largest city in the West Bank and
the second largest in the Palestinian Territories after Gaza. Hebron is attached to cities of
Adh Dhahiriya, Dura, Yatta, and the surrounding villages with no borders. In 2020, its
population reached 68,094 capita [28]. Figure 1 shows the Hebron District Map.
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Hebron District climate ranges from arid to semiarid with an increase in aridity
towards the Negev Desert in the south and the Jordan Valley in the east. The monthly
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average temperature ranges from 7.5 to 10 ◦C in winter to 22 ◦C in summer. The minimum
temperature is −3 ◦C in January and the maximum is 40 ◦C in August. Most of the rainfalls
are during December through February, although there may be rain from mid-October to
the end of April. The number of rainfalls per month ranges between 400 mm during the
rainfall season and 0 mm during the dry season. Hebron District is facing amplified water
scarcity due to the arid and semiarid climatic conditions [29].

2.2. Water Sampling

In this case, 74 water samples were randomly collected from five different neighbor-
hoods in Yatta area, with estimated 75,000 inhabitants having around 4500 cistern. The
samples were collected during the rainy season in February 2016 over a period of 5 days.
One-time water sample was collected from each of the 74 cistern, and the water samples
distribution was as follows: 12 samples from Al-Hila village, 21 from Yatta town, 13 from
Khallet Saleh village, 13 samples from Khallet al Maiyya village, and 15 from Al-Hadidya
village. First, the water samples were collected in a 1-L high density polyethylene bottles;
pre-cleaned with 10% nitric acid followed by repeated rinsing with bi-distilled water, sta-
bilized with ultrapure nitric acid (0.5% HNO3), preserved in a cooler of about 4 ◦C and
transported to the lab of Al-Quds University for analysis. The samples were analyzed
for heavy metal content (Pb, Cr, Mn, Co, Ni, Cu, Zn and Cd) using Inductively Coupled
Plasma Mass Spectrometry (ICP-MS). Preparation of samples was made by diluting 1.0 mL
of the water samples to 10.0 mL with 0.3% ultrapure nitric acid. After that, the samples
were analyzed by ICP-MS. ICP-MS (Agilent 7500) with an onboard peristaltic pump, a
nebulizer (MicroMist nebulizer), an ICP argon plasma torch, two pumps for evacuation, a
quadruple mass analyzer, an octapole reaction system (ORS), and an electron multiplier
detector was used for the analysis of the heavy metals in this study.

ICP-MS is a type of mass spectrometry that is capable of detecting several trace metals
and non-metals at concentrations as low as one part in 1015 (part per quadrillion, ppq) on
non-interfered low-background isotopes. The detection is achieved by ionizing the sample
with inductively coupled plasma first and then using a mass spectrometer to separate and
quantify the ions [30]. The results of heavy metal concentrations in the analyzed samples
were compared with the Palestinian standards and WHO guidelines for drinking water,
as well as the values mentioned in some other developing countries that use harvested
rainwater for domestic purposes.

2.3. Human Health Risk Assessment

As the harvested rainwater, in the study area, is to be used for drinking and other do-
mestic purposes, it is important to make sure that this water is safe to be used by consumers.

Two approaches were used to test the safety of the harvested rainwater [4]:

1. Chronic daily intakes of metals (CDIs) and,
2. Health risk indexes of metals (HRIs).

The health risk assessment was made for all the samples that exceeded either the
WHO or the Palestinian standards for drinking water quality or both.

2.3.1. Chronic Daily Intakes of Metals (CDIs)

Heavy metals enter the human body through several pathways including: food intake,
dermal contact and inhalation. In comparison with oral intake, however, all other pathways
are considered negligible [31]. The CDI (µg/(kg.day)) of a heavy metal through water
ingestion was calculated by Equation (1) [31,32].

CDI =
Cm

Wb
× Iw (1)
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where, Cm (µg/L) is the heavy metal concentration in water, Iw (L/day) is the average daily
intake of water (assumed to be 2 L/day for adult and 1 L/day for child), and Wb (kg) is the
average body weight (assumed to be 72 kg for adult and 32.7 kg for child), respectively [31].

2.3.2. Health Risk Indexes of Metals (HRIs)

To estimate the chronic health risks, HRIs were calculated by Equation (2) [31,32].

HRI =
CDI
R f D

(2)

where, the oral toxicity reference dose (RfD, µg/(kg.day)) values for Cd, Cr, Cu, Mn, Ni,
Pb, Zn and Co are 5 × 10−1, 1.5 × 101, 3.7 × 101, 1.4 × 102, 2 × 101, 3.6 × 101, 3 × 102

and 3 × 101, respectively [31,32]. The HRI value less than 1 is considered to be safe for the
consumers [33].

2.4. Household Survey

A structured household survey was conducted with the same households where the
water samples were collected. A questionnaire of 19 questions in multiple choice format
was designed and distributed for this purpose (Appendix A). The questionnaire included
questions about the source of water in the cistern, the frequency of cleaning the roof and
the cistern, age of the cistern, shape of the cistern, existence of impurities or algae on the
surface and sides of cistern and many others. The main aim of the questionnaire was to
relate the results of the sampling analysis by the sources of pollution of the samples to
heavy metals. In order to connect them together, statistical analysis was made using the
Statistical Science Software Program (SPSS) software version 20 [34]. All the sample results
exceeding the WHO and Palestinian limits were considered polluted by heavy metals.
Cross tabulation method was used in the statistical analysis in order to determine whether
there is a statistical significance between the questions, at a significance level of 0.05; which
are considered as possible sources of pollution by heavy metals, and the sample results.

3. Results and Discussion
3.1. Main Characteristics and Usage of Rainwater Harvesting Cisterns in Yatta Area

The main characteristics of rain fed cisterns in Yatta area are discussed in this sec-
tion. Considering water collection surface, 77.3% of the households depend on rainwater
collected from the roof of the house as a major source of domestic water. During winter,
they harvest rainwater in cisterns laid in the backyard of the houses. In addition, 1.3%
collect water from the garden or the backyard of the house, and 2.7% collect rainwater from
the streets.

The age of cistern varies between the households, 56.4% of the households indicated
that their cistern’s age is less than or equal 20 years, while 20.5% had older cisterns with
an age of more than 30 years. The age of the cistern can be linked to the quality of the
water collected inside cistern. The older the cistern, the higher the probability that it
contains impurities and accumulates heavy metals, and therefore the harvested rainwater
might become contaminated inside the cistern. The volume of the rainfed cisterns of the
households varies between a few to 200 cubic meters, but 34.8% of the households have a
cistern of 40 cubic meters or less. 81.3% of the cisterns are made from concrete, while only
14.7% are made from rock.

The acidic components of rainwater react with the alkaline components of concrete
cisterns or cement mortar, dissolving mineral salts (mainly calcium carbonate). Therefore,
using harvested rainwater in concrete cisterns might affect its quality. Regarding the cistern
top, most of the cisterns (98.6%) have a cover. Closing the cisterns totally guarantee that no
or little impurities and heavy metals may enter into them. 61.3% of the households have a
cuboid cistern shape; while 38.7% have a peer-shaped cistern. 61.3% of respondents use the
roof of the house for hanging the laundry.

160



Int. J. Environ. Res. Public Health 2022, 19, 2683

Most of the households (98.7%) use the harvested rainwater for drinking, while 62.7%
and 61.3% of them use it for irrigation and cleaning and laundry. Since harvested rainwater
is used for many purposes, it is crucial to guarantee that the harvested rainwater is safe
for the consumers, i.e., in case of the presence of heavy metals, they should be in minimal
concentrations or concentrations below local and international limits, also, the CDI and
HRI must be within the international limits to consider the water safe for daily intake.

With respect to the environmental conditions regarding the rainwater harvesting
cisterns, the distance between the cesspit and the cistern in most of households (86%)
was 15 m or less. The greater the distance between the cesspit and the cistern, the lower
the probability of wastewater leakage from the cesspit into the cistern [35]. 48.5% of the
households have the level of cesspit below the cistern level; while 32.4% have the level
of cesspit the same level as cistern. It is better that the level of cesspit be lower than the
cistern level to prevent wastewater leakage from the cesspit into the cistern. 93.8% of the
households emptied the cesspits within the last year. 4.8% of the households emptied
cesspits within 3 years and 1.6% within 15 years. Emptying the cesspits periodically
guarantees that the wastewater leakage from these cesspits into the cisterns is kept as
minimum, therefore making sure that the quality of the harvested rainwater is kept at its
maximum level. Most of the households (74.7%) do not have trees close to the cistern,
while 25.3% have trees around the house and close to the cistern. Heavy metals, coming
from streets through the air, can adsorb to these trees and then might desorb and enter the
cisterns polluting the harvested rainwater.

3.2. Cisterns Owners’ Awareness

The indicators of cisterns owners’ awareness to the factors that contribute to pollution
prevention in rainwater harvesting cisterns are presented in this section. In this case, 96%
clean the roof and 81.3% remove the first rain before start collecting rainwater in the cistern.
Cleaning the roofs guarantees that no or little amounts of heavy metals can present in the
harvested rainwater and that is the case in this study. 75.3% of the households raise animals
and birds around the house. Raising animals or birds in the backyard of the house increases
the opportunity that these animals pick the heavy metals from streets and therefore these
heavy metals may enter the harvested rainwater affecting its quality. 70% of the households
clean the cisterns periodically before harvesting the rainwater. Cleaning the cisterns from
time to time guarantees that no or very little amounts of heavy metals will be stuck on
their walls and this keeps the low concentrations of the heavy metals analyzed in the
samples. 77.3% of the households allow solid wastes accumulate in the yard of the house.
Solid wastes include many components that may contain heavy metals, and so collecting
the waste in the backyard of the house increases the opportunity of contamination of the
harvested rainwater with a number of heavy metals such as Pb and Cr coming, for example,
from batteries.

3.3. Heavy Metals’ Concentrations

The results of the investigated heavy metals concentration in the harvested rainwater
are presented in Table 1. Out of the eight tested heavy metals, Cr, Ni and Cu were detected in
all samples. Pb, Mn, Co, Zn and Cd were detected in 71, 60, 40, 68 and 46 out of 74 samples,
respectively. The results of the current study are compared against international and local
studies on the occurrence of heavy metals in harvested rainwater (Table 2). The heavy
metal presented in Tables 1 and 2 are discussed separately hereafter.
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Table 1. Concentrations of the heavy metals for all of the samples analyzed in harvested rainwater,
Yatta area.

Element Average (STD)
(µg/L) (SD)

Samples
Where Each
Heavy Metal
Was Detected,

n (%)

Range
(µg/L)

WHO Limits
(µg/L)

Palestinian
Limits
(µg/L)

Samples
Exceeding

WHO Limits,
n (%)

Samples
Exceeding
Palestinian

Limits, n (%)

Pb 1.80 (1.49) 71 (96) n.d.–24.00 10 10 2 (2.70) 2 (2.70)

Cr 4.31 (3.69) 74 (100) 0.11–101.00 50 50 2 (2.70) 2 (2.70)

Mn 4.32 (2.99) 60 (81) n.d.–58.00 500 100 0 (0) 0 (0)

Co 0.24 (0.66) 40 (54) n.d.–3.00 10 - 0 (0) 0 (0)

Ni 19.06 (8.01) 74 (100) 0.60–518.00 70 50 2 (2.70) 2 (2.70)

Cu 8.18 (3.99) 74 (100) 0.54–123.00 2000 1000 0 (0) 0 (0)

Zn 201.34 (21.04) 68 (92) n.d.–3453.00 3000 5000 1 (1.35) 0 (0)

Cd 0.10 (0.56) 46 (62) n.d.–2.00 3 3 0 (0) 0 (0)

n.d.: not detected.

Cr. The water samples are considered safe in terms of the occurrence of the heavy metal
Cr, except two samples that exceeded the WHO and Palestinian limits (Tables 1 and 2).
Possible sources of Cr are road dust, asbestos brakes or anthropogenic activities occurring
around the house [36,37]. In addition, Cr is emitted from solid waste, fossil fuel combustion
and steel industry [38,39]. Indeed, several Chromium leather tanning factories exist in
Hebron [40]. However, no heavy industrial or nuclear activities are occurring in the study
area, and this explains the low value of this metal in the harvested rainwater samples of
this research.

Mn. The harvested rainwater samples in the all the studies are considered safe in
terms of the occurrence of Mn. In the study area, none of the samples exceeded the WHO
and Palestinian limits for this metal. Based on the literature, a possible source of Mn is dust
transported through wind to the roofs of the houses [41].

Co. The heavy metal Co occurred in very low amounts in the study areas that were
lower than the acceptable limits for drinking water set by the WHO and the Palestinian
standards institution (Tables 1 and 2). Possible sources of Co in harvested rainwater are
uncontrolled incineration of solid wastes in illegal dumping sites, vehicles’ exhausts and
leakage from engines, pesticides, and sand, soil, silt and others [41].

Ni. The occurrence of the metal Ni in the majority of the samples was far below the
WHO and the local Palestinian limits (Tables 1 and 2). Possible source of Ni is leaching
from metals in contact with harvested rainwater such as pipes and fittings which are used
to collect the harvested rainwater [36,42]. For this research, the statistical analysis showed
that there is a relationship between the source of the water in the cistern and the high level
of Ni in two samples. The chemical reactions occurring between the roofing material or
pipe with the harvested rainwater may leach out many chemicals including nickel [21,43].

Cu. None of the harvested rainwater samples in this study contained the heavy metal
Cu in concentration above the WHO or the Palestinian limits. Possible sources of Cu in
harvested rainwater are vehicles’ exhausts, pesticides and industrial activities [39,41,44].

Zn. The metal Zn concentrations, in all the tested samples, were below the Palestinian
limits, but only one sample exceeded the WHO limit (Tables 1 and 2). Based on the
questionnaire results and literature, possible sources of Zn are the roof and storage tanks.
Rainwater can dissolve the heavy metal Zn and other impurities from materials of the
catchment and storage tank. Other source of Zn is the distribution system (pipes) and
plumbing, as the pipes are used to collect harvested rainwater from the roofs [36].

Cd. All of the tested harvested rainwater samples were considered safe in terms of
the heavy metal Cd. Possible sources of this metal in harvested rainwater are vehicles’
exhausts, leakage from engines, ashes and dust containing Cd transported through wind to
roof of houses, pesticides and others [41].
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Pb. The water samples are considered safe in terms of the occurrence of the heavy metal
Pb, except two samples that exceeded the WHO and Palestinian limits (Tables 1 and 2).
Based on the questionnaire results and literature, possible sources of Pb are the roof and
storage tanks. Elevated levels of Pb could be from leaching from metallic roofs and storage
tanks or from atmospheric precipitation. In addition, municipal solid waste incinerators are
a major source of Pb [45], because of the use of their metal oxides as pigments, stabilizers
and catalysts in plastic processing [44].

Table 2. Concentration of the heavy metals in harvested rainwater in several countries, as well as the
WHO and Palestinian limits.

Element 1 Palestine 2 Palestine 3 Palestine 4 Turkey 5 Pakistan 6 Iran
7 WHO
Limits

8 Palestinian
Limits

Cr 4.31 56.1 0.008 4.40 3.61 1.74 50 50

Mn 4.32 112.6 0.003 3.98 14.01 n.a. 500 100

Co 0.24 3.16 n.d. n.d. 0.52 n.a. 10 n.a.

Ni 19.06 26.7 0.003 3.82 4.25 7.14 70 50

Cu 8.18 143.6 0.003 6.01 65.8 21.4 2000 1000

Zn 201.34 111.8 0.05 6.12 34.2 80.93 3000 5000

Cd 0.10 1.17 n.d. n.a. 0.53 0.67 3 3

Pb 1.80 45.8 n.d. n.a. 5.03 69.7 10 10
1, This study; 2, [42]; 3, [46]; 4, [47]; 5, [31]; 6, [48]; 7, [49]; 8, [50]. All concentrations are in µg/L; n.d.: not detected;
n.a: not available.

3.4. Factors and Activities Contribute to Harvested Rainwater Contamination with Heavy Metals

To study the effect of the various factors surrounding the well and the activities
undertaken by well owners to reduce or prevent water pollution with heavy elements,
cross tabulations between these factors and activities, and the four heavy elements polluting
water (Table 1): Pb, Cr, Ni and Zn was conducted. Table 3 shows a summary of these cross
tabulations. It can be noticed that there are only two statistically significant relationship
(p < 0.05) between various factors surrounding the well and the activities undertaken by
well owners to reduce or prevent water pollution with four heavy elements: the factor
“Type of water collection surface” with the metal Ni and the factor “Actions taken before
collecting rainwater” with the metals Pb and Cr. Possible source of Ni is leaching from
metal pipes and fittings which are used to collect the harvested rainwater [36,42]. Pb could
be from metallic roofs and storage tanks. In addition, municipal solid waste incinerators are
a major source of Pb [44,45], because of the use of their metal oxides as pigments, stabilizers
and catalysts in plastic processing [43,44]. Chromium could had been originated from
leather tanning factories [39,40] (see Section 3.3).

3.5. Health Risk Assessment

The CDI and HRI values calculated for the meals exceeded the WHO and the Pales-
tinian standards (Table 4) show that the harvested rainwater is safe for consumers (Table 5).
This makes sense, as the samples exceeded the limits by small amounts only.
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Table 3. Cross tabulation between the factors that may lead to contamination with heavy metals and
the four heavy elements polluting water: Pb, Cr, Ni and Zn.

Factor Significance p-Value

Zn Ni Cr Pb

Type of water collection surface 1.000 0.000 0.996 0.996

Take actions before collecting rainwater (Cleaning the roof of
the house, Getting rid of first rain water, etc.). 0.972 0.925 0.000 0.000

For what purposes is the water in the cistern used 0.977 0.996 0.983 0.983

When the cistern was cleaned last time? 1.000 0.997 0.997 0.997

Walls material of cistern 0.905 0.817 0.817 0.817

Situation of the cistern top 0.906 0.867 0.867 0.867

Shape of the cistern 0.424 0.739 0.255 0.255

Distance between cistern and cesspit 1.000 1.000 1.000 1.000

Level of cesspit with respect to cistern 0.192 0.230 0.230 0.230

When the cesspit was discharged last time 0.999 0.996 0.996 0.996

Is there any animals or birds raised in the house 0.443 0.714 0.714 0.714

Is there any trees close to the cistern 0.558 0.404 0.404 0.404

Do you use the roof of the house for hanging the laundry 0.424 0.255 0.255 0.255

Do you allow solid waste to accumulate in cistern vicinity 0.586 0.438 0.349 0.349

Table 4. Summary of the health risk assessment calculations (for adults).

Heavy Metal Number of Sampled that Exceeded
the Standard Drinking Water CDI Value (µg/kg.day) HRI Value Result

Pb 1 0.668 0.019 Safe
2 0.382 0.011 Safe

Cr 3 2.82 0.188 Safe
4 1.70 0.113 Safe

Ni 5 5.97 0.30 Safe
6 14.39 0.72 Safe

Zn 7 95.90 0.32 Safe

Table 5. Summary of the health risk assessment calculations (for children).

Heavy Metal Sample No. CDI Value (µg/kg.day) HRI Value Result

Pb 1 0.735 0.020 Safe
2 0.421 0.012 Safe

Cr 3 3.10 0.207 Safe
4 1.87 0.125 Safe

Ni 5 6.57 0.33 Safe
6 15.84 0.79 Safe

Zn 7 105.60 0.35 Safe

The results of this study show that heavy metals in the harvested rainwater in the
study area were not a big issue, as their concentrations were usually below the local and
international limits. Most of the studies of in the international literature focus on testing
many parameters in drinking water including physiochemical parameters (pH, electrical
conductivity, turbidity, alkalinity, hardness, calcium, magnesium and many others) and
microbiological parameters (Fecal coliform and Total coliform). For example, a study in
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the area of Tulkarm in the West Bank, which considered 12 rural areas, focused on these
parameters, but the heavy metals were not considered. In general, rural areas do not have
heavy industrial nor anthropogenic activities that may produce high amounts of heavy
metals such as Pb, Cr and Zn. On the contrary, in the study carried in Tulkarem area, high
percentage of the samples were contaminated with Total coliform and Fecal coliform of
86% and 80%, respectively [46]. Therefore, it can be concluded that more attention must be
given to the other water quality parameters, especially microbial quality of harvested and
drinking waters, especially in rural areas in Palestine. In addition, a one major limitation of
this study is that only one sample was collected from each study site which means that the
samples collected might not be representative of the true heavy metal levels, and so more
samples are recommended to be analyzed. The study did not include analysis of rainwater
before it was collected, but this could be considered in a further research.

4. Conclusions

This study only presents results for heavy metals but there are several other important
contaminants that must be considered for drinking water safety. So, concerning heavy
metals contamination, the results of this research showed that most of the water samples
analyzed were safe. For the metals, Pb, Cr and Ni; 97.3% of the samples were below the
WHO and Palestinian limits, for the metals, Mn, Co, Cu and Cd; none of the samples
exceeded the WHO nor the Palestinian limits. For the metal, Zn, 98.7% of the samples were
below the WHO limits and none of them exceeded the Palestinian limits.

Statistical analysis showed that there was no relationship between the factors that may
lead to contamination with heavy metals and the laboratory results except for the metal Ni
and the “type of water collection surface” factor and for the metals Pb and Cr and “Actions
taken before collecting rainwater” factor.

Health risk assessment was made for all samples that exceeded the WHO and Pales-
tinian limits. However, and as the metals’ concentrations, which exceeded the limits,
exceeded them by small amounts, the samples were considered all safe. This means that the
harvested rainwater in the Palestinian rural areas imposes no health risks on consumers,
whether they were adults or children, and so can be safely consumed for dinking and other
domestic use regarding heavy metals.
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Appendix A Questionnaire

Q 1

• What is the source of water in cistern?

1. Roof of the house
2. Garden or the backyard of the house
3. Street
4. Otherwise (indicate)

Q 2

• Do you take any actions before collecting the rainwater?

1. Yes
2. No

Q 3

• If the answer of Q 2 is Yes, what are these actions?

1. Cleaning the roof of the house
2. Getting rid of first rain water
3. Both 1 and 2
4. Otherwise (indicate)

Q 4 • When the cistern was cleaned last time? Before:

Q 5

• For what purposes is the water in the cistern used? (The answer may be more
than one choice)

1. Drinking
2. Animals
3. Irrigation
4. Cooking
5. Cleaning the house
6. Otherwise (indicate)

Q 6 • Indicate approximately the age of cistern in years

Q 7 • What is the volume of the cistern

Q 8

• The walls of the cistern are from:

1. Concrete
2. Rock
3. Otherwise (indicate)

Q 9

• Is the cover of the cistern:

1. Open
2. Closed
3. Perforated

Q 10

• The shape of cistern:

1. Cuboid
2. Peer-shaped
3. Otherwise (indicate)

Q 11 • The distance between cistern and cesspit (in meters)

Q 12

• The level of cesspit:

1. Above cistern level
2. Below cistern level
3. Same level as cistern

Q 13 • When the cistern was discharged last time? Before

Q 14

• Do you raise animals or birds around the house?

1. Yes, always
2. Sometimes
3. No
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Q 15

• Is there any trees close to the house?

1. Yes
2. No

Q 16

• Do you notice any impurities on the surface of the water in the cistern?

1. Yes
2. No

Q 17

• Do you notice algae on the sides of the cistern?

1. Yes
2. No

Q 18

• Do you use the roof of the house in winter for hanging the laundry?

1. Yes
2. No

Q 19

• Do you collect solid waste in the backyard of the house?

1. Yes
2. No
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Abstract: The use of treated wastewater (TWW) for irrigation has gained global attention since it
reduces pressure on groundwater (GW) and surface water. This study aimed to evaluate the effect
of TWW on agronomic, photosynthetic, stomatal, and nutritional characteristics of barley plants.
The experiment with barley was established on two bands: one band was irrigated with GW and
the other with TWW. The evaluation was performed 25, 40, 60, 90, and 115 days after sowing (DAS).
Results showed that irrigation with TWW increased (p < 0.01) grain yield by 54.3% and forage yield by
39.4% compared to GW irrigation. In addition, it increased plant height (PH) (p = 0.013), chlorophyll
concentration index (CCI) (p = 0.006), and leaf area index (LAI) (p = 0.002). TWW also produced
a positive effect (p < 0.05) in all the photosynthetic efficiency parameters evaluated. Barley plants
irrigated with TWW had lower stomatal density (SD) and area (SA) (p < 0.001) than plants irrigated
with GW. Plants irrigated with TWW had a higher P concentration (p < 0.05) in stems and roots and
K concentration in leaves than plants irrigated with GW. We concluded that the use of TWW induced
important biochemical, physiological, and agronomic changes in barley plants. Hence, the use of
TWW may be a sustainable alternative for barley production in arid and semi-arid regions. This study
was part of a government project, which aimed to develop a new metropolitan irrigation district with
TWW. This study may contribute to the sustainability of water resources and agricultural practices in
northern Mexico.

Keywords: agriculture; nutritional composition; photosynthetic efficiency; stomata; wastewater reuse

1. Introduction

Anthropic activities, population growth, and climate change have caused a decrease
in water quality and quantity, generating huge amounts of wastewater (WW). Around
380 billion m3 of WW are generated globally each year, and this amount could increase
24% by 2030 and 51% by 2050 [1]. Therefore, there is a need of alternatives for the use of
WW on a sustainable basis.

Agriculture is the activity with the highest water demand on Earth, and this demand is
exacerbated in arid and semi-arid lands, where water availability is limited [2]. According
to the FAO, 2.75 million km2 are irrigated with WW around the world [3]; however, more
than 80% of WW produced worldwide is released into the environment without any
treatment. Thus, the use of treated wastewater (TWW) for agricultural irrigation has gained
global attention since water consumption has significantly increased due to the growing
demand for food [4]. Currently, around 20 million hectares are irrigated with TWW in
50 countries, contributing to 40% of the food produced [5].
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The use of TWW in agriculture can generate numerous benefits. For instance, the use
of TWW for agricultural irrigation reduces pressure on groundwater (GW) and surface
water, which could be directed towards domestic use [6–8]. Moreover, the use of TWW is
cheaper than pumping GW [9,10].

From an ecological perspective, irrigation with TWW decreases the eutrophication
rate of aquatic ecosystems [1]. It has been shown that TWW can considerably increase
the concentration of macro (N, P, and K) and micronutrients (Fe, Mn, Zn, and Cu), which
increases soil fertility [11,12]. Qadir et al. [1] reported that worldwide, TWW carries 16.6 Tg
(Tg, million metric ton) of N, 3.0 Tg of K, and 6.3 Tg of P annually. This amount represents
13.4% of the global demand for nutrients in agriculture. In addition, the increase in nutrient
concentration decreases fertilization needs and reduces costs [13]. Previous research has
found that TWW decreases the use of fertilizers from 50% to 100% in forage species, such
as alfalfa and wheat [14,15]. In this sense, the use of TWW contributes to reduce the
use of agrochemicals, generating positive ecological effects [1,7]. Hence, there is a great
opportunity for using TWW in agriculture.

Several studies have revealed that the use of TWW can improve physicochemical
properties and enhance the productivity of many economically important crops [5,16,17].
For example, the use of TWW enhanced the chlorophyll content, photosynthetic efficiency,
and forage yield in alfalfa (Medicago sativa) [18]. Likewise, the irrigation with TWW
improved the forage yield of kikuyu grass (Pennisetum clandestinum) in the absence of
chemical fertilizers compared to the irrigation with GW [19]. Furthermore, the use of this
source of water increased the chlorophyll fluorescence, stomatal conductance, and the
photosynthetic rate and decreased stress metabolites, such as leaf phenolic compounds and
carbohydrates in olive trees (Olea europaea) [20]. Such benefits were induced by the high
concentration of nutrients in the TWW.

Previous studies have shown that TWW irrigation also has beneficial effects on barley
(Hordeum vulgare L.) productivity [14,21,22]. This crop is the fourth most important cereal
in the world, just behind wheat, corn, and rice [21]. Around 150 million tons year−1

of barley are globally produced. In 2013, barley exports and imports were valued at
USD 8.5 and USD 9.4 trillion, respectively [22]. However, studies on the physiological
and biochemical effects on this species due to TWW irrigation are limited. Hence, the
objective of this study was to evaluate the effect of TWW on agronomic, photosynthetic,
stomatal, and nutritional characteristics of barley plants. This information will build
a deeper understanding of the use of TWW in agriculture. It may also contribute to
reducing the city’s freshwater requirements. Thus, it may contribute to the sustainability of
water resources and agricultural practices, consequently improving the availability of this
natural resource.

2. Materials and Methods
2.1. Study Area and Experimental Setup

The experiment was conducted during 2020 on a plot identified as “Los Alamitos”,
located in the municipality of Aldama, in the state of Chihuahua, Mexico (Figure 1).
The plot is located at 28◦44′44.28′ ′ N and 105◦57′28.52′ ′ W. The climate is dry semi-warm,
with a mean maximum temperature of 23.5 ◦C during summer and a mean minimum
temperature of 5.8 ◦C during winter. The mean annual precipitation is 298 mm, which
mainly occurs during July–September [23,24]. The plot under study had 19 stripes or bands
10-m wide and 150-m long, with aisles of 1.0 m in between bands (Figure 1). These bands
have conventionally been irrigated for 30 years with two water sources: one section of
three bands with GW and the rest with TWW. The experiment with barley was established
on two bands: one band was irrigated with GW and the other with TWW. The distance
between these two experimental bands was 150 m. The remaining bands were sown with
oats. The TWW used for irrigation was from a wastewater treatment plant (WWTP) located
in the south of Chihuahua City. The WWTP has a secondary treatment with an effluent of
1100 L seg−1 from domestic, industrial, and storm sewages.
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Figure 1. Location of the plot under study (municipality of Aldama) and an aerial image showing
its characteristics.

The soil preparation for sowing was carried out from 10–25 January by performing
the following practices: fallow, tracing, subsoiling, and furrowing. The soil characteristics
were determined before sowing by analyzing a composite soil sample, which was extracted
from five subsamples collected in the upper soil profile (0–30 cm). The composite sample
was analyzed according to Mexican Standard NOM-021-RECNAT-2000 at the National
Laboratory of Water, Soil, Plant, and Atmosphere of INIFAP, located in Gomez Palacio,
Durango, Mexico. The physicochemical characteristics of the soil under study can be seen
in Table 1.

Table 1. Physicochemical characteristics of the soils irrigated with groundwater (GW) and treated
wastewater (TWW).

Variable Units GW TWW

pH 8.51 8.44

Electrical Conductivity (EC) dS m−1 1.17 1.01

Texture Clay loam Clay loam

Cation Exchange Capacity (CEC) meq 100 g−1 36.01 32.71

* Organic matter (OM) % 1.3 1.5

Nitrogen (N-NO3−)

mg kg−1

29.11 9.49
1 Phosphosrus available (P) 8.24 12.76
2 Removable potassium (K) 693.98 895.39
3 Removable calcium (Ca) 4102.53 4702.02

4 Removable magnesium (Mg) 449.26 388.48

* Copper (Cu) 1.59 1.20

* Iron (Fe) 0.6 1.76

* Manganese (Mn) 2.66 2.30

* Zinc (Zn) 2.01 3.31
1,2,3 Units are kg ha−1 and reported as P2O5, K2O, and CaO, respectively; 4 reported MgO; * units are mg Kg−1.
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The experimental design consisted of randomized blocks. The band of each treatment
or water source was divided into six blocks 25-m long. Seeds of barley, var. “Alina”, were
sown on 1 February 2020, using a seeding rate of 120 kg ha−1. Five days after sowing (DAS),
100 kg ha−1 of urea (CO(NH2)2) were applied to the soil surface by using a tractor-driven
fertilizing machine. Furrow irrigation events were carried out on 7 February, 21 February,
6 March, 23 March, 3 April, and 17 April, with 120 mm per irrigation. To dismiss differences
in the results due to high soil moisture content in some of the treatments, the soil moisture
(volumetric water content) was measured with a FieldScout TDR 300 portable meter (Time-
Domain Reflectometer- Spectrum Technologies Inc., Aurora, IL, USA) one or two days
before each watering, beginning in March. The moisture was measured using 20-cm rods
at randomly selected points on one band irrigated with TWW and one band with GW.
Soil moisture was similar between the treatments, and the general mean of the volumetric
water content, before each irrigation date, was 18.7% (s.d. = 0.9%), 19.3% (s.d. = 1.3%),
20.9% (s.d. = 1.6%), and 21.7% (s.d. = 2.6%), respectively.

Water quality was analyzed for each water source (GW and TWW). For that, two
water samples from each water source were collected at each irrigation event, beginning on
21 February. A total of 10 water samples was collected from each source by the time the
experiment concluded. The on-site measurements included pH, electrical conductivity (EC),
and temperature. Concentrations of nitrates (NO3

− as N), phosphates (PO4
3−), and sulfates

(SO4
2−) were analyzed at the College of Chemical Sciences of the Autonomous University

of Chihuahua. The concentrations of heavy metals and metalloids were determined at the
Mexican Geological Service (SGM), located in Chihuahua City. The analyses were based on
the Mexican Regulation NOM-001-SEMARNAT-1996 and [25]. The results are presented in
Table 2. In general, the values of the water quality parameters from the two sources were
within acceptable levels according to the Mexican Regulations for irrigation [26].

Table 2. Physicochemical characteristics of the water used for the irrigation of barley (Hordeum vulgare).

GW TWW

Variable Units Mean Min Max Mean Min Max Quality Standards

pH 7.67 7.18 8.89 7.78 7.25 8.75 6.0–9.0 *

Electrical Conductivity (EC) mS cm−1 0.94 0.25 1.12 0.94 0.76 1.18 NA

Temperature (◦C) ◦C 22.34 17.10 31.10 21.46 14.30 30.40 NA

Nitrate–nitrogen (NO3 as N) mg L−1 33.63 0.00 42.49 31.85 0.00 60.76 NA

Phosphate (PO4
3−) mg L−1 0.00 0.00 0.00 6.80 0.00 8.75 NA

Sulfate (SO4
2−) mg L−1 137.80 95.89 168.36 97.85 0.00 123.86 250.00 *

Copper (Cu) mg L−1 0.00 0.00 0.00 0.00 0.00 0.00 0.20 *

Iron (Fe) mg L−1 0.02 0.00 0.06 0.00 0.00 0.01 5.00 *

Manganese (Mn) mg L−1 0.78 0.36 1.25 0.60 0.38 0.72 0.20 *

Molybdenum (Mo) mg L−1 0.005 0.001 0.015 0.015 0.004 0.100 NA

Nickel (Ni) mg L−1 0.00 0.00 0.00 0.00 0.00 0.00 0.20 *

Zinc (Zn) mg L−1 0.00 0.00 0.00 0.00 0.00 0.00 2.00 *

K mg L−1 0.16 0.06 0.24 0.24 0.22 0.26 0–2 **

Ca meq L−1 4.06 2.16 5.10 4.93 4.93 5.73 0–20 **

Mg meq L−1 0.78 0.36 1.25 0.60 0.38 0.72 0–5 **

Quality standard of water for agriculture as indicated by the * Mexican Federal Law [26] and ** FAO guideline for
the quality of water used for irrigation [27].

2.2. Agronomic Attributes

Plant height (PH), chlorophyll concentration index (CCI), and leaf area index (LAI)
were evaluated 25, 40, 60, and 90 DAS. PH was measured on three randomly selected plants
from each block. Measurements of CCI (CCM-200 device, Opti-Sciences, Inc., Hudson,
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NH, USA) were made on the second leaf of three plants from each block. Likewise,
measurements of LAI were performed with a ceptometer (LP-80, Decagon Devices, Inc.,
Pullman, WA, USA) in areas of 0.25 m2 (0.4 × 0.62 m), with one sample per block (n = 6).
The sensor bar of the ceptometer was positioned at 0.05 m above the ground level, and two
measurements were taken every 0.1 m. Meanwhile, the external PAR (photosynthetically
active radiation) sensor of the ceptometer was positioned at 1.5-m height, at an angle of 90◦

with respect to the ground level, in a shadow-free location.
Forage yield was also determined on the aforementioned sampling dates. For that,

forage cuts were made at 0.05 m from the ground level in six quadrants (n = 6) of 0.25 m2

per treatment or water source. The samples were then stored in paper bags and dried at
65 ◦C during 72 h. An additional sampling was performed at 115 DAS to calculate grain
yield. For that, the seed was separated from the forage and weighed to estimate grain yield.

2.3. Photosynthetic Efficiency

The photosynthetic efficiency was evaluated through the fluorescence parameters
of chlorophylls: maximum quantum yield of photosystem II (Fv/Fm), photochemical
efficiency of photosystem II (ΦPSII), quantum efficiency of unregulated energy dissipation
in PSII (YNO), quantum efficiency of regulated energy dissipation in the PSII (YNPQ), and
electron transfer rate (ETR). These parameters were evaluated using a portable photosyn-
thesis yield analyzer (Mini-PAM II; Walz, Effeltrich, Germany).

Photosynthetic efficiency was evaluated 80 DAS, when the plants were at their flow-
ering stage. This evaluation was performed in three plants per block (i.e., 18 plants per
treatment) and consisted of randomly measuring three healthy leaves from each plant.
The measurements were done on both dark-acclimated (one hour after dark) and light-
exposed (11:30 a.m.–12:30 p.m.) leaves. At night, the plants were subjected to a pho-
ton light pulse of approximately 0.5 µmol m−2 s−1, with a frequency of 600 Hz, to de-
fine the minimum fluorescence signal (F0). A photon saturation pulse of approximately
6000 µmol m−2 s−1 was then applied during 0.8 s to find the maximum fluorescence signal
(Fm). The parameters of F0 and Fm served to calculate the maximum quantum yield of
photosystem II through the equation proposed by Kitajima and Butler [28]:

Fv/Fm = (Fm − F0)/Fm

These steps were repeated at noon to find the fluorescence level (Ft) and the maximum
fluorescence level (F’m) of light-exposed leaves.

The values obtained from the aforementioned measurements were used to calculate the
photochemical efficiency of photosystem II by using the equation proposed by Genty et al. [29]:

ΦPSII = (F’m − Ft)/F’m

In addition, this equation was used to calculate the quantum efficiency of unregulated
energy dissipation in the PSII:

YNO = Ft/Fm

The quantum efficiency of the regulated dissipation of energy in the PSII was obtained
by the following equation:

YNPQ = (Ft/F’m) − (Ft/Fm).

Finally, the ETR was calculated using this equation:

ETR = [(ΦPSII) × (PAR radiation received) × (0.84)]

Data were collected and processed in the WinControl-3 software, version 3.23.
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2.4. Stomatal Characteristics

Stomata of experimental plants were characterized by assessing stomatal density
(SD) and stomatal area (SA). For that, leaf blade imprints were extracted from 18 plants
per treatment, three plants per block, and three healthy leaves per plant. Imprints were
taken from approximately 1 cm2 of adaxial and abaxial leaf surfaces. The imprints were
then analyzed under a phase contrast microscope (Model Axio imager 2, Carl Zeiss, Jena,
Germany) at a magnification of 200×. Five fields of view per imprint were photographed
with an AxioCam MRc5 camera (Carl Zeiss). The number of stomata was counted, and data
were normalized to 1 mm2. The SA was calculated from three randomly selected stomata
per optic field by using the Zen 2 core software. A total of 810 stomata per treatment were
analyzed from 270 optical fields.

2.5. Analysis of Nutritional Components

The nutritional components of the plants were analyzed at the National Laboratory
of Water, Soil, Plant, and Atmosphere of INIFAP located in Durango, Mexico. A total
of 24 plants (12 plants per treatment) were randomly selected and split into roots, stems,
leaves, and grain. The samples were dried and homogenized. Then, nitrogen (N), phospho-
rus (P), potassium (K), calcium (Ca), magnesium (Mg), sodium (Na), and iron (Fe) were
quantified using acid digestion of samples with 0.5 g of plant tissue. The digested samples
were analyzed in the atomic absorption equipment AAnalyst700-Perkin Elmer. All the
analyses were determined according to standard methods [30–32].

2.6. Statistical Analysis

Data were analyzed using a multi-factor analysis of variance. The variables of PH,
CCI, and LAI were analyzed using a four-factor model utilizing water source, sampling
date, block, and plant as factors. The plant was included in the analysis to avoid pseudo-
replication. The forage yield analysis was adjusted to a three-factor model (water source,
sampling date, and block) since it was evaluated by area and not by plants. Grain yield,
photosynthetic parameters, stomatal characteristics, and nutritional components were
analyzed from plants of a single sampling date; thus, data were analyzed using three factors;
water source, block, and plant. Regarding the physicochemical characteristics, water from
the two sources, from each sampling date, were compared using Dunnett’s comparison
test (α = 0.05). Data of soil moisture were analyzed using repeated measurements with two
factors (water source and watering date), where the subjects were the bands. Data were
analyzed using the R software version 4.0.5.

3. Results and Discussion
3.1. Treated Wastewater Improve Agronomic Traits on Barley

Irrigation with TWW increased grain yield by 54.3% (p = 0.007) compared to GW irrigation
(Figure 2a). Samarah et al. [21] found similar results in different barley cultivars, where the use
of TWW increased grain yield. The increase in grain yield is attributed to the enriched mix of
nutrients contained in the TWW, which benefits crops’ growth and productivity [1,33,34].

Grain yield with TWW was 6.42 t ha−1, using 46 N units (100 kg ha−1 of urea). Ramírez-
Novoa et al. [35] obtained a yield of 7.36 t ha−1 of the same variety of barley “Alina”; however,
the fertilizer applied in that study was 45-60-00 (urea and triple calcium superphosphate) at
the time of sowing and 45-00-00 during the first irrigation. The results prove the feasibility
of producing barley with low fertilization costs using TWW. This is also supported by other
studies, where the nutritional contribution of TWW to crops was reported [1].

The maximum forage yield using TWW was 39.4% higher (p = 0.006) than using GW,
and the difference was consistent during all the evaluations (Figure 2b). Previous studies
have also found that irrigation with TWW can generate an increase in forage yield [33].
For instance, Elfanssi et al. [18] found that irrigating with TWW increased productivity in
alfalfa (Medicago sativa), and Aghtape et al. [34] reported an increase in yield and forage
quality in foxtail millet (Setaria italica) when irrigated with TWW. In this study, forage yield,
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PH (p = 0.013), CCI (p = 0.006), and LAI (p = 0.002) were higher using TWW instead of
GW (Figure 3). These findings are explained by the chlorophyll since it is the pigment
responsible for capturing solar radiation for photosynthesis, and it occurs mainly on the
leaves. Tambussi et al. [36] found that barley cultivars with a larger leaf area are more
efficient in terms of photosynthesis and produce a greater amount of forage and grain.
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Figure 2. (a) Grain and forage yield in barley plants (Hordeum vulgare) irrigated with treated wastew-
ater (TWW) and groundwater (GW). (b) Forage yield was evaluated at 25, 40, 60, and 90 days after
sowing (DAS). Grain yield was evaluated 115 DAS. n = 6; p = 0.007 for grain yield and p = 0.006 for
forage yield. Different letters indicate significant differences between water sources (Dunnett test;
p < 0.05) and black bars represent the standard error.

Int. J. Environ. Res. Public Health 2022, 19, x FOR PEER REVIEW 8 of 17 
 

 

leaves. Tambussi et al. [36] found that barley cultivars with a larger leaf area are more 
efficient in terms of photosynthesis and produce a greater amount of forage and grain. 

  
(a) (b) 

 
(c) 

Figure 3. (a) Plant height, (b) chlorophyll concentration index, and (c) leaf area index of barley plants 
(Hordeum vulgare) irrigated with treated wastewater (TWW) and groundwater (GW). Sampling days 
were 25, 40, 60, and 90 days after sowing. n = 6; p = 0.013 for plant height, p = 0.006 for chlorophyll 
concentration index, and p = 0.002 for leaf area index. The black bars represent the standard error. 

3.2. Treated Wastewater Enhanced the Photosynthetic Efficiency of Barley Plants 
The water source for irrigation significantly influenced (p < 0.05) all the photosyn-

thetic efficiency parameters evaluated (Figure 4). Plants irrigated with TWW presented 
higher (p < 0.001) maximum photochemical efficiency (Fv/Fm) than those irrigated with 
GW. This difference was consistent with the highest CCI found in the plants irrigated with 
TWW. These results agree with those reported by Palliotti et al. [37], who found that high 
concentrations of chlorophyll benefit the absorption of light and increase Fv/Fm. Chloro-
phyll is the pigment responsible for capturing solar radiation for photosynthesis; there-
fore, it is correlated with Fv/Fm [38,39]. 

The Fv/Fm for plants irrigated with GW was 0.72. This was lower than the 0.80 found 
in plants irrigated with TWW. These results suggest plants with GW were under stress 
since values of Fv/Fm lower than 0.80 indicate damage in the photosynthetic apparatus. 
All the factors causing inhibition of the reaction centers of PSII increase energy dissipation 
[40–43]. In the same way, the plants irrigated with GW had higher Y(NO) (p = 0.004) than 
the plants irrigated with TWW. The Y(NO) index measures the amount of non-regulated 
energy dissipated, which is a detrimental form of dissipation [44]. These results are con-
sistent with several studies reporting that plants under stress have lower Fv/Fm and 
higher Y(NO) compared to healthy plants. For example, Shu et al. [45] found that salinity 
decreased Fv/Fm and increased Y(NO) in cucumber plants (Cucumis sativus). Similarly, 

0

25

50

75

100

125

0 25 40 60 90

Pl
an

t h
ei

gh
t(

cm
)

Days after sowing

GW

TWW

0
10
20
30
40
50

0 25 40 60 90

C
hl

or
op

hy
ll 

co
nc

en
tr

at
io

n 
in

de
x

Days after sowing

GW

TWW

0

2

4

6

8

0 25 40 60 90

Le
af

 a
re

a 
in

de
x 

(m
2

m
-2

) 

Days after sowing

GW

TWW

Figure 3. (a) Plant height, (b) chlorophyll concentration index, and (c) leaf area index of barley plants
(Hordeum vulgare) irrigated with treated wastewater (TWW) and groundwater (GW). Sampling days
were 25, 40, 60, and 90 days after sowing. n = 6; p = 0.013 for plant height, p = 0.006 for chlorophyll
concentration index, and p = 0.002 for leaf area index. The black bars represent the standard error.
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3.2. Treated Wastewater Enhanced the Photosynthetic Efficiency of Barley Plants

The water source for irrigation significantly influenced (p < 0.05) all the photosynthetic
efficiency parameters evaluated (Figure 4). Plants irrigated with TWW presented higher
(p < 0.001) maximum photochemical efficiency (Fv/Fm) than those irrigated with GW.
This difference was consistent with the highest CCI found in the plants irrigated with
TWW. These results agree with those reported by Palliotti et al. [37], who found that
high concentrations of chlorophyll benefit the absorption of light and increase Fv/Fm.
Chlorophyll is the pigment responsible for capturing solar radiation for photosynthesis;
therefore, it is correlated with Fv/Fm [38,39].

The Fv/Fm for plants irrigated with GW was 0.72. This was lower than the 0.80 found
in plants irrigated with TWW. These results suggest plants with GW were under stress since
values of Fv/Fm lower than 0.80 indicate damage in the photosynthetic apparatus. All the
factors causing inhibition of the reaction centers of PSII increase energy dissipation [40–43].
In the same way, the plants irrigated with GW had higher Y(NO) (p = 0.004) than the plants
irrigated with TWW. The Y(NO) index measures the amount of non-regulated energy
dissipated, which is a detrimental form of dissipation [44]. These results are consistent with
several studies reporting that plants under stress have lower Fv/Fm and higher Y(NO)
compared to healthy plants. For example, Shu et al. [45] found that salinity decreased
Fv/Fm and increased Y(NO) in cucumber plants (Cucumis sativus). Similarly, Marriboina
and Attipalli [46] found the same effect in Indian bean plants (Pongamia pinnata) under
salinity stress, while Song et al. [47] reported a significant decrease in Fv/Fm in rice plants
(Oryza sativa) caused by heat stress.

The plants with TWW lost more energy due to heat dissipation, as estimated by
Y(NPQ), which is an indicator of regulated energy dissipation and is associated with the xan-
thophyll cycle and acidification of the thylakoid lumen. Xanthophylls are three carotenoids
(violaxanthin, anteroxanthin, and zeaxanthin) involved in heat dissipation [48]. Under
radiation stress conditions, violaxanthin is converted to zeaxanthin by the enzyme violax-
anthin de-epoxidase. This set of reactions is known as the xanthophyll cycle. The binding
of protons and zeaxanthin light-collecting antenna proteins in thylakoids causes confor-
mational changes leading to energy capture and heat dissipation [49]. The violaxanthin
de-epoxidase enzyme is located in the lumen of the thylakoids and is activated at acidic
pH [50]. For this reason, the acidification of the thylakoid lumen is also involved in the
dissipation of excess light energy in the form of heat.

Stress from excess radiation can induce an increase in Y(NPQ) [51]. Plants under stress
conditions due to radiation can be exposed to excess energy, which can damage the PSII if
the energy is not dissipated in a regulated manner [52]. High temperatures therefore can
affect the thylakoid membrane and disrupt the electron donor and acceptor complexes in
PSII [53,54]. In addition, excess of undissipated energy can react with molecular oxygen
and create free radicals, which damage the photosynthetic apparatus [55]. Then, heat stress
commonly causes a significant reduction in Fv/Fm and ΦPSII [47]. Overall, the results
suggest that plants irrigated with TWW dissipated excess heat in a better way since they
obtained higher Y(NPQ) and lower Y(NO) than plants irrigated with GW.

The plants irrigated with TWW also had higher ΦPSII (p = 0.011) and ETR (p = 0.044)
than plants irrigated with GW, suggesting that those plants transform solar radiation into
energy molecules (i.e., ATP) more efficiently. Results of the photosynthetic parameters are
consistent with the grain and forage yield since plants irrigated with TWW had the highest
values. Tambussi et al. [36] reported that barley cultivars with the highest ΦPSII were the
most productive.
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Figure 4. Photosynthetic efficiency parameters of barley plants (Hordeum vulgare) irrigated with
groundwater (GW) and treated wastewater (TWW). n = 18; p < 0.001 for Fv/Fm (a), p = 0.011 for
ΦPSII (b), p = 0.004 for YNO (c), p = 0.004 for YNPQ (d), and p = 0.044 for ETR (e). Different letters
indicate significant differences between water sources (Dunnett test; p < 0.05) and black bars represent
the standard error.
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3.3. Treated Wastewater Produced Changes in Stomatal Density and Area of Barley Plants

The water source for irrigation (GW and TWW) produced different SDs and SAs
between the treatments (Figures 5 and 6). The barley plants irrigated with TWW had lower
SD than the plants irrigated with GW (p < 0.001), both on the adaxial and abaxial leaf
surfaces. In contrast, the SA was similar on the abaxial leaf surfaces (p > 0.05) but different
on the adaxial surface, with the lowest SA in the plants irrigated with TWW (p < 0.001).
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Figure 5. (a) Stomatal density and (b) stomatal area of barley (Hordeum vulgare) irrigated with
groundwater (GW) and treated wastewater (TWW). n = 18; p < 0.001 for abaxial and adaxial stomatal
density, p > 0.05 for abaxial stomatal area, and p < 0.001 for adaxial stomatal area. Different letters
indicate significant differences between water sources (Dunnett test; p < 0.05) and black bars represent
the standard error.
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Stomatal characteristics are important for the plant’s physiology since these pores
control the loss of water through transpiration and the CO2 assimilation through pho-
tosynthesis [56,57]. The stomatal size and density, therefore, have been important for
genotype selection and plant breeding research [58]. For instance, Franks et al. [59] found
that the reduction of SD, through overexpression of the EPF2 gene, decreased the stomatal
conductance and increased the water-use efficiency in mutant Arabidopsis lines. Likewise,
Li et al. [60] detected that wheat (Triticum aestivum) cultivars with low density and SA
showed less transpiration and increased the photosynthetic rate and water-use efficiency.
The reason could be that smaller stomata can open and close faster, increasing CO2 assimi-
lation and decreasing transpiration [61–63]. Hughes et al. [64] also reported that mutant
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barley lines with low SD showed higher ΦPSII, resulting in better water-use efficiency
under stress conditions. The results of the present study then suggest that the high photo-
synthetic efficiency found in plants irrigated with TWW was related to the low density and
SA and have a positive effect on forage and grain yields.

3.4. Treated Wastewater Changed the Nutritional Composition of Barley Plants

Regarding the concentration of nutrients in plants, N had the highest (p < 0.05) in
leaves and grains of plants irrigated with GW (Table 3). These results are consistent with
those from the water analyses, as the concentration of NO3

− (1.78 mg L−1) was higher in
plants irrigated with GW than in plants irrigated with TWW (Table 1). The high content of
NO3

− in GW is an indicator of contamination and may be the result of poor management
of agricultural plots, especially related to N fertilizers [65,66], and could be also the effect
of irrigation with TWW [8].

Table 3. Nitrogen, phosphorus, potassium, and magnesium content in barley plants (Hordeum vulgare)
irrigated with groundwater (GW) and treated wastewater (TWW).

Water Source Nitrogen (N)
mg kg−1

Phosphorus (P)
mg kg−1

Potassium (K)
mg kg−1

Magnesium (Mg)
mg kg−1

Grains

GW 21,300 a 3508 a 7500 a 1600 a

TWW 11,450 b 2800 a 6300 b 1400 a

Leaves

GW 11,320 a 833 a 8300 b 2400 a

TWW 11,020 b 933 a 9200 a 2000 b

Stems

GW 7500 a 458 b 8200 a 1500 a

TWW 7100 a 691 a 8700 a 1200 b

Roots

GW 5500 a 933 b 8300 a 2600 a

TWW 5200 a 1566 a 8400 a 2000 b

Different letters indicate a significant difference (p < 0.05).

Since N is a fundamental part of chlorophyll molecules, it was expected that the
high concentration of N in GW plants would lead to a high CCI; however, this index was
higher in plants irrigated with TWW. This could be explained by the molybdenum (Mo)
concentration as follows: plants absorb N either in the form of ammonium (NH4

+) or
NO3

−. For N-NO3
− to be assimilated, it must be reduced to NH4

+ through the action of
the enzymes NO3

− and NO2
− reductase [67]. These enzymes require Mo as an enzymatic

cofactor, and the absence of this element could cause low assimilation of N-NO3
−. In the

absence of Mo, plants fertilized with NO3
− present a poor growth and low concentrations

of chlorophyll and ascorbic acid and a high content of NO3
− [68]. The concentration of Mo

was 0.01 mg L−1 higher in the TWW plants (p < 0.05) than in the GW plants (Table 1), and
this may explain the high CCI and photosynthetic efficiency of plants irrigated with TWW.
Meanwhile, the plants irrigated with GW may have had assimilated less N due to lower
concentrations of Mo in the plants’ tissue.

Nonetheless, the characteristics of GW plants could be of interest to the beer industry.
The N content of the grain influences the quality of malt production because it is related
to nitrogenous compounds, such as proteins, amino acids, amines, and purines. For this
reason, the N content significantly influences beer production, as it is important for yeast
fermentation [69]. In addition, it is related to beer quality parameters, especially color,
texture, turbidity, foam formation, CO2 retention, and microbial nutrition [70]. Then,
the grain produced with GW may have a higher malting quality than that generated
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with TWW since it presented a higher N concentration. Regarding P, the stem and root
tissues of the plants irrigated with TWW presented the highest concentration of this
nutrient (p < 0.05). In contrast, the stem, root, and leaf tissues of the plants irrigated with
GW had the highest concentration of Mg (p < 0.05). These results are consistent with
the nutrient concentrations found in the water since the TWW plants had the lowest
concentration of PO4

3− (6.80 mg L−1; Table 2) and the highest concentration of Mg in
soil (2.07 meq 100 g−1). The high content of P-PO4

3− in TWW may be a result of the
degradation of organic materials contained in these water sources, as it has been reported
in previous research [71,72]. Conversely, the high Mg content has been more related to the
type of rock in the subsoil [66,73].

Plants irrigated with TWW had a higher concentration of P in stems and roots (p < 0.05)
than the GW plants, which is consistent with the high concentration of P found in these wa-
ter sources [74,75]. Previous research has found a strong relationship between chlorophyll
concentration and P content in various crops [76–80], which suggests that the biosynthe-
sis of chlorophyll molecules depends partially on the assimilation of P. These results are
consistent with the ones from the present study since the CCI was higher in the plants
irrigated with TWW. Furthermore, the higher concentration of P in stems of TWW plants
could be partially explained by the higher photosynthetic efficiency since the P concentra-
tion is related to different photosynthetic parameters, such as Fv/Fm and ΦPSII [77,81].
The concentration of P in leaves was similar between the two treatments (p > 0.05). P is a
highly mobile element within the plant [82]; thus, it could have been in the leaves at the
time of measurement of photosynthetic parameters. The photosynthetic parameters were
evaluated during the flowering stage, while the nutritional evaluation was evaluated on
mature plants.

The K concentration in leaves was higher in plants irrigated with TWW (p < 0.05).
The nutrient K controls the entry and exit of water to the cells and therefore the opening
and closing of the stomata [83,84]. Hence, the high concentration of K in plants irrigated
with TWW could have influenced the differences found in SD and SA. Previous research
has reported a relationship between K and stomata. For instance, Shabala et al. [85] found
that a mechanism to tolerate salinity is to increase the concentration of K in the leaves and
decrease SD in quinoa plants (Chenopodium quinoa). Benlloch-González et al. [86] reported
that K deficiency inhibited stomatal closure, which induced a state of water stress and
affected growth in olive trees (Olea europaea) and sunflower plants (Helianthus annuus).
In contrast, the high concentration of K in plants irrigated with TWW may have also
contributed to produce the differences found in grain yield, forage yield, LAI, and CCI.
Accordingly, Zhang et al. [87] reported a significant interaction between K, LAI, and CCI
in potatoes (Solanum tuberosum). According to the authors, a high concentration of K
promoted high tuber yield and quality, which agrees with our findings. It is important to
point out that the N, P, and K concentrations in leaves were below the ranges indicated by
Havlin et al. [88] for barley. In this sense, Jones [82] mentioned that N, P, and K are elements
of high mobility in the plant, and as the age of the crop advances, the concentration of these
nutrients decreases. The sampling in the present study was carried out during harvest,
and this may explain the low concentration of these nutrients. However, the concentration
of nutrients in the grains was higher than the values found in previous research. For
instance, Dung et al. [89] reported values of 4900, 1000, and 2200 mg Kg−1 for K, Mg, and
P, respectively. Similar results are reported by the USDA with 2800, 790, and 2210 mg Kg−1

of K, Mg, and P in the grain, respectively. The high concentration of nutrients in the grain
and the low concentration in the leaf then suggest that the nutrients (K, Mg, and P) were
moved from the leaves to the grains at the time of the measurements.

4. Conclusions

TWW is an important source of nutrients since it induces important agronomic, photo-
synthetic, stomatal, and nutritional changes in barley plants. Plants irrigated with TWW
showed higher grain yield, forage yield, PH, CCI, and LAI. The photosynthetic efficiency
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increased in plants irrigated with TWW. Furthermore, plants irrigated with TWW had
lower SD and SA than GW plants. That may be a mechanism of adaptation to the stress gen-
erated by the increase in biomass and leaf area. Agronomic, biochemical, and physiological
attributes in plants irrigated with TWW appear to be linked to better assimilation of K and
P. Overall, the use of TWW represent a sustainable alternative for barley production in arid
and semi-arid regions. Nevertheless, the evaluation of concentrations of toxic elements,
emergent pollutants, and microplastics in the plant, water, and soil after using TWW is
highly recommended.

This study may contribute to the sustainability of water resources and agricultural
practices in northern Mexico since it was part of a government project that aimed to develop
a new metropolitan irrigation district.
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Abstract: Extensive use of antibiotics for humans and livestock has led to an enhanced level of
antibiotic resistance in the environment. Municipal wastewater treatment plants are regarded as
one of the main sources of antibiotic-resistant bacteria (ARB) and antibiotic resistance genes (ARGs)
in the aquatic environment. A significant amount of research has been carried out to understand
the microbiological quality of wastewater with respect to its antibiotic resistance potential over
the past several years. UV disinfection has primarily been used to achieve disinfection, including
damaging DNA, but there has been an increasing use of chlorine and H2O2-based AOPs for targeting
genes, including ARGs, considering the higher energy demands related to the greater UV fluences
needed to achieve efficient DNA damage. This review focuses on some of the most investigated
processes, including UV photolysis and chlorine in both individual and combined approaches and UV
advanced oxidation processes (AOPs) using H2O2. Since these approaches have practical disinfection
and wastewater treatment applications globally, the processes are reviewed from the perspective of
extending their scope to DNA damage/ARG inactivation in full-scale wastewater treatment. The fate
of ARGs during existing wastewater treatment processes and how it changes with existing treatment
processes is reviewed with a view to highlighting the research needs in relation to selected processes
for addressing future disinfection challenges.

Keywords: wastewater treatment; antibiotic resistance genes; DNA; UV treatment; advanced
oxidation processes

1. Introduction

Wastewater reuse has traditionally been considered safe after treatment by a combina-
tion of physicochemical and biological treatments that target the removal of organic matter,
chemical contaminants, and microorganisms. Consequently, the benchmarks for assess-
ing treatment performance that are currently incorporated into the regulations generally
include total suspended solids, chemical oxygen demand, biochemical oxygen demand,
ammonia, nitrate, total phosphorus, and inactivation of microbes such as fecal coliforms or
Escherichia coli (E. coli) [1]. However, microbial inactivation alone is not sufficient to ensure
the safety of treated wastewater since genes may still be present even after disinfection [2].
This requires a shift from conventional microbiological inactivation to sufficient DNA
damage to minimize the spread and development of antibiotic resistance. Importantly, the
current disinfection processes are not designed to damage genes, which makes antibiotic
resistance genes (ARGs) a serious concern since they enable microorganisms to become
resistant to antibiotics.

Municipal wastewater is regarded as one of the main sources of antibiotic-resistant
bacteria (ARB) and ARGs in the aquatic environment. In fact, wastewater treatment plants
(WWTPs) are considered a major “hotspot” of ARB and ARGs since these have been fre-
quently found in WWTP effluents [3]. This is primarily because the current WWTPs are not
equipped with appropriate technologies for their mitigation/inactivation prior to or upon
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effluent reuse or discharge. It is well known that the final effluents (particularly biologically
treated effluents) release a high number of bacteria and genes that may be resistant to
antibiotics [4]. Existing literature suggests that the high growth rates and microbial densi-
ties that are fundamental to conventional biological treatments at WWTPs, along with the
presence of residual antibiotics, could create a highly suitable environment for promoting
ARG transfer and multiantibiotic resistance among bacteria [5]. Biological processes create
an environment that is potentially suitable for resistance development and spread due to
the continuous interaction of bacteria with antibiotics at sub-inhibitory concentrations. For
example, the Class 1 integron gene intI1 has been reported to increase in WWTP effluents,
indicating the fitness gain of bacteria harboring this mobile element [6]. Moreover, the
potential for co-selection of ARGs is increased when the bacterial communities are exposed
to a chemical stress (heavy metals, antibiotics, or both) in a continuously changing WWTP
environment [7]. Various investigations have shown a correlation between the presence
of genes encoding for resistances against different metals and of ARGs in plasmids and
integrons associated with contaminated soils and WWTPs [8–10].

Such concerns may impede efforts to provide safe drinking water as well as the
discharge and reuse of the treated wastewater. Since there is an increasing interest in
and demand for the safe discharge and/or reuse of wastewater for applications such as
irrigation, aquaculture, aquifer recharge, indirect potable reuse, and even direct potable
reuse, an understanding and mitigation of the risks arising from ARB and associated ARGs
are very important. It is particularly relevant considering that wastewater reuse (especially
for agricultural purposes) and biosolids that are generated during treatment are considered
important means of AMR spread.

UV disinfection as an alternative to chlorine is of particular interest since UV light is
directly absorbed by DNA and therefore has the potential to inactivate ARGs and limit their
release and transfer to bacteria. Although the research on the efficiency of UV disinfection
in damaging ARGs is recent, it is one of the most promising technologies to address this
emerging issue [2]. However, the process is inherently expensive due to the high energy
requirements. Moreover, UV photolysis alone may not be as efficient for damaging ARGs
since the extent of DNA damage is dependent on the UV fluence, which is generally
higher for achieving DNA damage than microbiological inactivation, cell structure, and
water matrix [11]. For real wastewaters, the process can be enhanced by using oxidants
such as H2O2 and Cl2 in what are termed advanced oxidation processes (AOPs). Direct
UV photolysis, UV/H2O2, and UV/Cl2 are focused on in this article considering their
practical applications and greater future potential compared with other disinfectants and
AOPs for ARG inactivation. Since these processes and/or their combinations are widely
used in practical water and wastewater treatment for a range of contaminants, they stand
out as some of the best potential technologies for inactivation of ARGs on a large scale.
Considering that an AOP produces radicals that can break down organic matter while
simultaneously inactivating bacteria and ARGs, this process can be useful for both water
treatment and wastewater reclamation and reuse [12]. Several recent investigations have
shown these processes to be effective but to a varying degree depending on a range of
process and operational parameters. This article specifically focuses on the potential of
these processes for practical application at full scale for the purpose of inactivating ARGs
considering the findings recently reported on the topic. This review specifically focuses
on selected technologies to: (1) summarize and review the progress over the past several
years; and (2) identify and discuss areas of importance in relation to the state of the art
with particular reference to challenges needed to be addressed for full-scale applications.
Knowledge gaps related to the significance of target ARGs and the effectiveness of UV
and UV-based AOPs in various water matrices with respect to changes in the resistance
shift and impact of co-existing contaminants are identified and reviewed in the context of
knowledge needs for future applications of these processes.
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2. Antibiotic Resistance—Mechanisms of Resistance Spread and Wastewater Treatment
2.1. Mechanism of Spread and Selection of ARGs

Antibiotic resistance is the ability of bacteria to survive and potentially thrive in the
presence of antibiotics [12]. Extensive use of antibiotics in human and animal health, and
their use for the promotion of growth in animals, has accelerated the process of microbial
resistance. Resistance to antibiotics is encoded in ARGs, enabling bacteria to fight antibiotics
through various mechanisms. The two mechanisms responsible for transfer of antimicrobial
resistance include: vertical gene transmission (VGT), which involves inheriting the genetic
information from the parent cells; and horizontal gene transfer (HGT), in which a non-
resistant bacterium becomes resistant by gaining the resistance genes other than from its
parent cell [2]. Antibiotic resistance spread mechanisms are shown in Figure 1. HGT occurs
through conjugation, transduction, and transformation. Notably, VGT and conjugation
occur when the gene-carrying bacterium is viable whereas successful transduction occurs
when the virus carrying the gene is also infective [2]. Transformation, however, can occur
without a viable or infective donor microorganism since bacteria can obtain ARGs from
cell-free DNA [13]. Inactivation of microorganisms alone, without effective DNA damage,
as a primary objective, is therefore not sufficient because it does not guarantee control over
the spread of antimicrobial resistance [2].

Figure 1. Antibiotic resistance transport mechanisms (adapted from von Wintersdorff et al. [14]).

ARGs are therefore considered a contaminant of emerging concern (CEC) considering
that they present “new” environmental and public health concerns. Contrary to chemical
CECs, which have been widely focused on over the past several years, perspectives on
antibiotic resistance in general and with respect to water reuse in particular are unclear. For
example, knowledge on the fate and concentrations of chemical CECs is well established
and suitable approaches and technologies have been developed for mitigating their impact.
However, very little is known about ARGs in terms of the safe level, the types of genes
to prioritize in the broader perspective, and methods for and approaches to mitigating
resistance risk. It is attributed predominantly to the lack of knowledge and understanding
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of the complexity of and the multiple dimensions to the issue of microbial resistance.
Although the existing water reuse regulations and guidelines do not address concerns
related to AMR, this trend is poised to change with increasing focus on effective treatments
for the safe reuse of the treated wastewater. Currently, most wastewater treatment processes
lack the ability to sufficiently destroy nucleic acids and thus reduce the downstream spread
of resistance. In fact, some treatment processes, including commonly used processes such
as disinfection (e.g., chlorination), have been reported to increase the level of resistance
through a selective increase in certain ARBs [15]. For example, chlorine has been known to
select for certain ARB and ARGs under conditions typically used in water treatment and
elevate the average resistance of ARB [15], which may lead to the selection of organisms
resistant to higher concentrations of antibiotics.

Therefore, the optimization and incorporation of alternative, and advanced, wastew-
ater processes are important steps in the mitigation of the antibiotic resistance spread.
This is even more important considering that the treatments designed for the removal
of conventional contaminants could potentially be contributing to an increased risk of
ARB and ARG selection and spread. Consequently, inefficient removal of ARB and ARGs
could further compound the problem of antibiotic resistance due to a selective increase in
more resistant bacteria. It therefore depends on the type of treatment as well as the type
of drug family present in the wastewater [16]. For example, the presence of ampicillin,
sulfamethoxazole, ciprofloxacin, and tetracycline-resistant E. coli during different treatment
stages of a WWTP (raw sewage, post-secondary, post-UV, and post-chlorination) was inves-
tigated [16]. Resistance to three or more antibiotics (multidrug resistance) was reported in
21% of the E. coli isolates. The minimum inhibitory concentration (MIC) values suggested
that the resistance to ampicillin was most common among the multidrug-resistant E. coli
with four of the isolates showing an ampicillin MIC > 256 µg/mL. Three of these high MIC
values were after UV and chlorination treatment of the finished water. Two E. coli isolates
were also found to be resistant to tetracycline with a MIC > 256 µg/mL [16]. Ampicillin,
ciprofloxacin, and trimethoprim–sulfamethoxazole multidrug resistance was observed in
15 E. coli isolates (75%), where one isolate was resistant to all four antibiotics. Overall, the
authors concluded that tetracycline resistance was the least among the isolates whereas
ampicillin-resistant E. coli was the most predominant (63% of the total E. coli population)
after UV and chlorine disinfection. It was further noted that the ABR E. coli concentrations
in the effluent were higher after the rainfall event.

These findings are supported by another investigation [17] that performed a metage-
nomic study on sewage-derived microorganisms from WWTP influent, showing that the
diversity in the microbial community increased after the rainfall. It was attributed to low
disinfection efficiency due to increased flow and a reduced retention time. It shows that the
role of environmental conditions is important in addition to the type of treatment applied.
Not much work, however, has been done to determine the changes in the concentration of
ARB and ARGs due to rainfall, requiring more investigations to understand the impact of
rainfall events. Nonetheless, the effect of different treatments on the fate of ARGs has been
increasingly evaluated and is the focus of the following section.

2.2. Fate of ARGs in Wastewater Treatment

A number of investigations have been performed identifying the fate of ARGs in
conventional wastewater treatment scenarios. For example, quantitative and qualitative
changes in the level of various ARGs (tetX, tetM, tetA, sul1, sul2, ermB, qnrD, and blaTEM)
were evaluated in two municipal WWTPs receiving influent mixed with pretreated live-
stock water (WWTP1) or industrial wastewater (WWTP2) [18]. The level of ARGs shifted
markedly during different treatment stages with significant differences between the two
WWTPs as well as ARGs. For example, the total number of ARGs in final effluent showed
an increase of 10% for WWTP1 whereas a decrease of 75% was observed for WWTP2.
The differences at the individual gene level were also reported to be significant. For ex-
ample, sul, qnrD, and blaTEM increased markedly during the treatment processes only in
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WWTP1 (receiving pretreated livestock water), whereas no such trend was observed for
WWTP2. Most of the ARGs showed an increase ranging between 113% and 564%, except
for tet and erm for WWTP1. This trend was quite different to WWTP2, for which most
of the ARGs showed a decrease of 22–92% except for tet, which increased by 29%. These
differences could be attributed to the different qualities of the influent wastewaters for
both the WWTPs as well as the level of antibiotics. Importantly, the greatest shift in the
ARG abundance was noted during coagulation, secondary sedimentation, and biological
treatments, emphasizing the need to closely monitor these processes for changes in the
composition of ARGs.

In another study, total bacterial abundance (estimated from copy numbers of the bac-
terial 16S rRNA gene) at five different municipal WWTPs did not reduce after wastewater
treatment [19]. While the relative abundance of ARGs was generally similar before and
after treatment, the blaCTX-M, blaTEM, and qnrS genes were higher in the effluent of one
of the WWTPs. Notably, this particular WWTP received untreated hospital wastewater
in addition to domestic and industrial wastewater. Overall, their results agreed with
some previous findings that the ARGs and the intl1 gene are inefficiently removed during
conventional wastewater treatment [20,21].

Some studies have looked at the interaction of various classes of ARGs from a co-
selection perspective. Correlation between six ARGs (tetA, sul1I, blaTEM, blaCTXM, ermB,
and qnrS), two heavy metal resistance genes (HMRGs; czcA, arsB), and the mobile genetic
element class I integron was investigated for three WWTPs during different treatment
steps [22]. Class 1 integrons are closely correlated to co-selection mechanisms and are often
associated with gene cassettes having both HMRGs and ARGs [10,22]. It has been shown
that the bacterial strains having class I integrons have a selective advantage compared with
the rest of the bacterial community [23]. An increase in the level of class I integron genes
in the effluent therefore indicates the fitness gain of bacteria carrying this mobile genetic
element. The authors noted two well-defined groups, which included (1) tetA, ermB, and
qnrS and (2) sul1I, czcA, arsB, and int1 [22]. Overall, a strong correlation between sul1I,
HMRGs, and int1 was noted. Furthermore, the authors concluded that czcA and sul1I
could be used as model genes for investigating co-selection in WWTPs. Both tetA and qnrS
are harbored by Gram-negative bacteria, whereas ermB is associated with Gram-positive
bacteria. Therefore, it was unlikely that the co-presence and similar distribution of these
genes indicate co-occurrence in the same cells. It is plausible to hypothesize that these
clustered genes were present within the microbial community of WWTPs comprised of
both Gram-negative and Gram-positive bacteria. Another study found qnrS-like genes
in Gram-positive bacteria, i.e., Enterococcus faecalis and Enterococcus faecium, which could
lead to the potential co-presence of qnrS-like genes and ermB in the same cells [24]. For the
second cluster, a very strong correlation (Pearson’s; p < 0.0001) between czcA and sul1I and
arsB and int1 was found, whereas the correlation between sul1I and arsB and czc and intI
was weak yet significant (p < 0.01).

These findings indicate the significance of determining the mechanisms of co-selection
to better understand the correlations between different genes and mobile genetic elements
during different treatment stages in WWTPs. Future investigations should however be
carried out since the above-described study is one of the very few to have reported this
correlation. However, it can be hypothesized that the chemical stress associated with
heavy metals, antibiotics, or both could lead to enhanced resistance of the bacterial com-
munity during wastewater treatment. It is worth noting that the heavy metals are not
biodegradable and their concentration in wastewater is generally 2–4 fold higher than that
of antibiotics [10], which could result in persistent selection for heavy metal resistance [25].
A greater understanding and knowledge of stress factors are crucial for determining poten-
tial model genes for determining co-selection scenarios.

The presence of organic matter is also important from the perspective of its interaction
with ARGs. Recently, the role of organic carbon in shifting the relative abundance of
ARGs was investigated in a sand filter biofilm [26]. A decrease in the concentration of
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total organic carbon (TOC) was found to increase the diversity and relative abundance of
ARGs, suggesting that lower levels of TOC were more favorable for enhanced antibiotic
resistance. Although this study was carried out during sand filtration of drinking water,
the changes in richness, absolute abundance, and relative abundance of ARGs associated
with changing concentrations in TOC could be similar during other wastewater treatment
processes. In fact, a higher concentration of organic matter in wastewater compared with
drinking water could potentially imply a greater richness of the bacterial community, which
might lead to a greater increase in the diversity and relative abundance of ARGs upon
the gradual decrease in organic carbon during different wastewater treatment processes.
The authors also analyzed the changes in the antibiotic resistome with the depth of the
sand filter and found that the relative abundance of ARGs increased with the depth and
richness of ARGs, correlating positively with the respective TOC levels [26]. In addition to
a reduced concentration of organic carbon, the oligotrophic environment was also found to
be favorable for the growth and survival of ARBs.

There is a whole range of factors that could change the antibiotic resistome during
various stages in a WWTP. The type of wastewater, concentration of organic carbon, and
treatment train applied affect the level of ARB and ARGs and resultantly correlations
between different genes and mobile genetic elements at a WWTP. It is therefore important
to assess the role of each factor in contributing to the final antibiotic resistance scenario
considering the impacts related to the discharge or reuse of wastewater.

3. UV Radiation for Controlling Antibiotic Resistance
3.1. UV Photolysis for DNA Damage

UV photolysis is among the most investigated processes for ARG inactivation at lab-
scale, which is largely due to its effective application for conventional disinfection. Several
studies have recently investigated inactivation of various classes of ARGs (Table 1). As
shown in Table 1, the extent of damage to ARGs varies significantly between different
studies. The range of UV doses applied also shows significant variations as discussed later
in this section.

The impact of UV irradiation has been investigated for a range of ARGs. For example,
changes in the tet and sul ARGs located on chromosomes were investigated after exposing
ARBs to two different UV fluences (5 and 10 mJ/cm2) [27]. The impact of UV irradiation
was studied for both chromosomal and plasmid DNA in terms of average harboring
frequency. The trends were found to be different for both types of DNA. The average
harboring frequency of ARGs located on chromosomal DNA was 2–3% for tet whereas for
sul genes it was 14% (p < 0.05). These changes were primarily attributed to the changes
in the microbial community post-UV irradiation. In addition to changes in the bacterial
community, it was postulated that there might be interactions between ARGs and genes
related to UV defense (i.e., co-selection), resulting in an increase in chromosomal ARGs. A
similar finding was reported in an earlier investigation in which genes related to oxidative
stress and protective mechanisms, including cellular repair, were found to be upregulated
in multiantibiotic-resistant E. coli after solar irradiation [28]. Mechanisms of UV disinfection
affecting ARG conjugation and transfer are shown in Figure 2. It shows that UV alone has
little effect on the cell membrane but results in damage to the plasmid containing ARGs,
resulting in the death of the donor or the recipient [29].

The authors noted that the trends for plasmid DNA were different to that for chro-
mosomal DNA. For example, six ARGs (tetA, tetC, tetM, tetW, tetX, and sul1) showed a
decrease upon UV irradiation with an average reduction of 15% and 6% for the tet and
sul ARGs, respectively [27]. A 30% reduction in the concentration of bacteria harboring
three to five tet genes was reported whereas the ratio of bacteria simultaneously carrying
both sul1 and sul2 genes also reduced, although no data were provided on the level of
reduction. The authors hypothesized that the reduction in the plasmid ARGs was pre-
dominantly caused by the loss of plasmids. Moreover, chromosomal DNA was concluded
to be more stable to UV exposure and thus require a greater UV fluence compared with
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the plasmid DNA. Furthermore, the authors calculated the MAR index according to the
following formula [27].

MAR index = a/(b × c)

where a is the aggregate resistance score of all isolates from one sample (if one isolate was
observed to resist one antibiotic, it will obtain one point; if not, it will obtain zero points), b
is the number of antibiotics used, and c is the number of isolates.

Figure 2. Mechanisms of UV disinfection affecting ARG conjugation and transfer (adapted from
Guo et al. [29]).

The MAR index was determined for phenotypes of cultivable isolates that were
resistant to ten antibiotics (tetracycline, sulfadiazine, cephalexin, penicillin, erythromycin,
vancomycin, gentamicin, chloramphenicol, ofloxacin, and ciprofloxacin [27]). The authors
found that the MAR index increased markedly at a lower UV fluence (5 mJ/cm2), whereas
increasing the UV fluence to 10 mJ/cm2 did not lead to any changes in the MAR index. It
was related to the significant changes in the bacterial community at a higher UV fluence
with genera having a lower MAR index dominating at the higher UV fluence.

Acknowledging the significance of UV fluence for different ARGs, the effectiveness
of UV irradiation in inactivating ARGs (blaTEM1, tetA, sul, and mphA) was investigated at
various UV fluences by Destiani and Templeton [30]. The lowest level of inactivation was
noted for the mph(A) gene with 0.05-log inactivation at 20 mJ/cm2 increasing to 0.42-log
at the highest UV fluence (200 mJ/cm2) used in their study. The tet(A) gene showed a
slightly greater level of inactivation than that for the mph(A) gene with 0.05-, 0.36-, 0.38-,
and 0.74-log inactivation at UV fluences of 20, 50, 100, and 200 mJ/cm2, respectively. The
bla-TEM1 gene was the least resistant to UV irradiation with 1.18-log inactivation at a UV
fluence of 200 mJ/cm2. Hence, the order of susceptibility of ARGs was blaTEM1 ≥ tetA ≥
sul1 ≥ mphA, essentially following the order of potential dimers, specifically TT dimers.
The number of thymine dimer sites has previously been correlated with UV susceptibility,
i.e., the greater the number of sites the greater the UV damage [30]. For example, ampC,
which has a lower number of thymine dimer sites, was reported to be much more resistant
to UV damage compared with mecA with a higher number of thymine sites. Furthermore,
these findings agree with another investigation in which a comparable level of inactivation
of both ampicillin and kanamycin ARGs was correlated to the comparable number of
thymine sites [31]. Additionally, it must be noted that the actual damage to ARGs could
be higher depending on the amplicon length (which the authors did not report) used in
the qPCR assay. It has recently been shown that qPCR could underestimate the damage to
ARGs [32], particularly for short amplicons.

The impact of UV irradiation on ampicillin-resistant E. coli (CGMCC 1.1595) as well
as the plasmid-encoding ampicillin resistance gene blaTEM-1 was assessed after exposure
to different UV fluences [33]. A range of UV fluences was tested and the damage to ARG
was found to be 0.5-log at a UV fluence of 20 mJ/cm2, whereas the inactivation ratio of
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viable E. coli was >2.0-log at a similar UV fluence. The ARG damage started to become
more prominent with increasing UV fluence such that it increased to 1.2-log at 80 mJ/cm2.
The inactivation ratio of viable E. coli was much higher (6-log) at half the UV fluence
(40 mJ/cm2), demonstrating that the extent of E. coli inactivation was significantly higher
than the ARG damage.

A relatively higher UV fluence value of 600 mJ/cm2 was used in another study [34].
The authors used drinking water and various ARGs in E. faecium and E. coli. Despite a
3-fold increase in the UV fluence compared with Destiani and Templeton [30], the authors
reported a lower reduction (0.33-log) in the gene copy number of various ARGs (ermB,
vanA) using E. faecium. When using E. coli, they reported no reduction in the tetracycline
resistance gene (tetA), whereas the reduction in the β-lactam resistance gene (ampC) was
1-log. Furthermore, the authors looked at the removal of selected ARGs at two different
amplicon lengths, i.e., tetA (160 and 1054 bp) and vanA (377 and 1030 bp). In agreement
with others [32,35], a greater log reduction (up to 1-log) in tetA and vanA was reported
when using long-amplicon qPCR compared with lower amplicon lengths, for which the
reduction was negligible.

A much higher UV fluence of 12,477 mJ/cm2 was reported to obtain ~2.5-log dam-
age of four ARGs (sul1, tetG, intI1, and 16S rDNA) in wastewater containing COD of
13–29 mg/L [36]. The authors reported that the damage to 16S rDNA and intl1 flattened
with increasing UV fluence from 1248 to 3743 mJ/cm2, whereas other ARGs showed greater
damage with increasing UV fluence. No explanation was provided as to why increasing
the UV fluence did not result in increased damage to 16S rDNA and intl1. The authors also
noted an increase in the relative abundance (the gene copy numbers of ARGs and intI1
normalized to that of 16S rDNA) under a UV fluence of up to 1248 mJ/cm2. It could be
attributed to the corresponding changes in the 16S rDNA upon UV exposure. Contrary
to the damage to ARGs reported by Zhuang et al. [34], no reduction in tetG and tetQ was
reported even after subjecting the wastewater to a UV fluence of 30,100 mJ/cm2 [37].

Most of the studies thus far have been conducted at lab-scale, with a very few at full-
scale [18,36]. One of the full-scale studies investigated different UV irradiation times from
4 to 18 s (UV fluence not provided) [36]. As expected, increased damage to DNA and to
16S rRNA and ARGs was reported. However, the overall damage as determined by qPCR
was <1-log [33]. These results corroborate previous studies including full-scale applications
regarding the limited efficacy of UV photolysis due to quenching by organic materials in
wastewater [17]. At a UV fluence of 27 mJ/cm2, no significant change in the concentration
of ARGs (tetX, tetM, tetA, sul1, sul2, ermB, qnrD, and blaTEM) was found as determined by
their relative abundance (ARG copies/16S rRNA gene copies) [18]. Although both these
investigations reported a negligible effect on the level of ARGs upon UV irradiation, it
is difficult to directly compare the effectiveness of the UV process since it is not possible
to compare the UV fluence values between these studies. It highlights the need to report
the UV fluence in a standardized unit (mJ/cm2) to enable comparative assessment of the
process performance. Although UV fluence data were not provided by Rodríguez-Chueca
et al. [38], the time of UV irradiation is quite short and hence the results are not surprising.
Similarly, the UV fluence used by Lee et al. [18] is also not very high (27 mJ/cm2). In
another investigation, UV disinfection post-activated sludge treatment at a WWTP in Tunis
was reported to be ineffective in reducing the abundance of ARGs [19]. This was not
unexpected, since the current UV fluences applied in practice rarely exceed 40 mJ/cm2,
which is not high enough to damage ARGs.

Although a direct comparison with regard to the ARG damage cf. UV fluence is not
possible, it is plausible to argue that the differences in the level of ARG inactivation in
different studies could be due to the type of strain (single vs. mixed) and the differences
in the characteristics of wastewater. For example, McKinney and Pruden [35] showed
an insignificant difference in the UV inactivation of ARGs in two different matrices, i.e.,
phosphate buffer and wastewater effluent containing TOC of 4.61 mg/L. However, the
UV fluence needed to achieve a 3–4-log inactivation of ARGs (mecA, vanA, tetA, ampC)
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was much higher (200–400 mJ/cm2) compared with the <150 mJ/cm2 reported by Yoon
et al. [31]. Furthermore, it must be noted that the impact of the matrix could not be truly
determined from the findings of McKinney and Pruden [35] since the samples were pre-
filtered for turbidity removal. These findings demonstrate that while UV radiation can
potentially be useful for damaging ARGs in real-water matrices containing organics and
inorganics, the energy and cost associated with these processes are major factors that need
to be considered. None of the studies have so far looked at the electrical energy needed for
various inactivation/reduction levels of ARGs.

3.2. UV Radiation and Chlorine for DNA Damage

The use of chlorine both individually and in combination with UV radiation has been
investigated for inactivation of ARGs. Chlorine alone has been reported to be ineffective in
damaging most ARGs, except for some, as discussed later in this section. UV radiation can
be combined with chlorine to achieve greater damage to microorganisms. UV photolysis of
chlorine produces a wide range of highly reactive species, such as HO• and Cl• (a redox
potential of 2.4 V) [39,40]. However, it is known that HO• is >5-fold the concentration of
Cl• and thus contributes more to the disinfection efficiency [41]. The photodecay rates
during the UV/chlorine AOP are related to the wavelength-dependent molar absorption
coefficient [42]. The photodecay rate of chlorine has also been shown to increase with
increasing pH at any wavelength. Therefore, the pH has to be controlled when using HOCl
in the UV/chlorine AOP because it significantly affects the molar absorption coefficient [43].
Mechanisms of chlorination disinfection affecting ARG conjugation and transfer are shown
in Figure 3. Contrary to UV radiation alone, which results in damage to the plasmid con-
taining ARGs, HClO reacts first with NH4+, leading to the generation of chloramine (mainly
NH2Cl) that results in cell permeability and ARG transfer. Consequently, chlorination could
amplify the risk of ARG transfer, particularly in wastewater with a high concentration of
ammonia nitrogen [29].

Figure 3. Mechanisms of chlorination disinfection affecting ARG conjugation and transfer (adapted
from Guo et al. [29]).

A sequential UV/chlorine process was investigated for sul1, tetX, tetG, intI1, and 16S
rRNA genes in municipal wastewater effluent [36]. Compared with UV radiation alone, the
sequential UV/chlorine process was found to achieve synergy that ranged between 0.006
and 0.031-log removals for the investigated genes. The greatest energy was achieved for
16S rRNA, with tetX showing the least. The amplicon length used in the study by Zhuang
et al. [36] was short (163–280 bp), which makes it hard to evaluate the overall gene damage.
Furthermore, the concentration of chlorine used was 25 mg/L, which is much higher than
the concentration used in practice, which rarely exceeds 2 mg/L [44]. A summary of the
literature studies focusing on chlorine alone and the UV/chlorine process is given in Table 2.
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A range of ARGs have been investigated under different UV radiation and chlorine dose
conditions with a fairly high log removal value (LRV) as shown in Table 2.

Most studies have looked at the combined UV and chlorine process with some eval-
uating the efficiency of chlorine alone for comparison with the combined process. A
recent study investigated the reduction of sul1 and intI1 within Pseudomonas HLS-6, a
multiple-antibiotic-resistant bacterium [45]. While the UV/chlorine process showed a
greater amount of gene damage in the first 20 min of treatment when compared with
chlorination alone, the final gene damage efficiency of sul1 and intI1 was comparable
for both processes. Moreover, both chlorination alone and UV/chlorine treatment gave
higher removal efficiencies for both genes (sul1, >3.50 log; intI1, >4.00 log). The efficiency
of damage to the genes was also analyzed by gel electrophoresis, which confirmed the
benefit of UV/chlorine treatment on DNA damage. For example, the band intensity of sul1
for the UV/chlorine sample treated for 60 min was much lower than that of the samples
treated by UV or chlorine alone under comparable conditions. It was further shown that
∼102 copies/mL of intI1 remained after UV/chlorine treatment for the shorter amplicon
(146 bp) but, for the larger amplicon (484 bp), the gene was found to be completely damaged
since no band appeared after 30 min of disinfection [45]. It is therefore plausible to conclude
that the disinfection process would be much more effective if the complete sequence size
were to be examined for damage detection. Under the condition of a low chlorine dosage,
sul1 was easier to damage than intI1 by the UV/chlorine process. The log damage to both
sul1 and intI1 decreased with increasing pH during the UV/chlorine treatment.

Furthermore, the authors investigated the damage to sul1 and intI1 under different
chlorine concentrations (0–40 mg/L) [45]. A clear increase in the damage to sul1 was
observed when the chlorine concentration increased to 5 mg/L, but no improvement was
seen with a further increase in the dose of chlorine. For intI1, however, an increase in
the chlorine dose resulted in increasing damage up to 20 mg/L with no further damage
observed when the dose was doubled (i.e., 40 mg/L). These results demonstrate that sul1
has lower chlorine dose requirements compared with intI1, which could be associated
with the larger size of sul1. Notably, the final log inactivation for sul1 and intI1 was fairly
similar (~4 log) when 5 and 20 mg/L chlorine were used in the UV/chlorine process. It is
worth emphasizing that optimizing the chlorine dose is not only important with respect to
minimizing the use of chemicals to avoid the formation of disinfection byproducts (DBPs)
but also to minimize the self-scavenging of radicals (HO•, Cl•) under high chlorine dose
conditions [46]. Another investigation looked at the damage to the plasmid-encoding
ampicillin resistance gene blaTEM-1 after chlorination alone [33]. The authors reported no
damage to blaTEM-1 at a chlorine dose of up to 10 mg Cl2/L. However, they did not look
at the higher chlorine doses that many other authors have investigated to investigate the
impact of higher chlorine concentrations on ARG damage.

The impact of pH on the UV/chlorine process was also investigated by Zhang et al. [45].
The damage to both genes decreased with an increase in pH from 5 to 9. Since the quantum
yields of HOCl and OCl− were same the during UV/chlorine process, the pH variation
was not deemed to affect the formation of HO• and Cl•. However, since the consumption
of HO• and Cl• by OCl- was several folds faster compared with HOCl, the damage to both
genes reduced at a high pH [45]. Moreover, the concentration of HOCl, which has a higher
oxidizing capability compared with OCl−, was greater at a low pH, leading to higher gene
damage. The authors further investigated the role of free radicals (HO•) and reactive free
chlorine species (Cl•, ClO•, and Cl2•−) generated during the UV/chlorine treatment [45].
Nitrobenzene (NB) was used a scavenger of HO• (kHO

•-NB = 3.9 × 109 M−1 s−1). In agree-
ment with an earlier study [43], the authors found no influence of HO• on sul1 and intI1
damage since the level of inactivation was similar before and after the addition of NB
in the UV/chlorine process. The reduction in both genes, however, was greater for the
UV/chlorine process than for the UV + chlorine process (kUV/Cl2 ≈ kUV/Cl2+NB > kUV+Cl2),
indicating the role of RCS radials in damaging genes. However, these results differ from the
findings of Rattanakul and Oguma [47], who investigated the damage to the viral genome
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using the UV/chlorine process and found that HO• did result in damage to the genome.
The difference in the findings could be attributed to the level of HO• generated during the
process and other operational conditions.

The use of different target genes (intracellular bacterial genes vs. the viral genome)
in the above-mentioned studies could also be contributing to the different findings. For
example, bacteria could consume HO• quicker than bacteriophages due to their complex
cellular matrix, minimizing their impact on damaging the genes within bacteria [45]. It can
therefore be concluded that the HO• does damage the genes but its impact is dependent on
the process’s efficiency and the experimental conditions. In fact, in a recent investigation, it
was found that HO• exhibited a very high nonselective reactivity (k ∼109–1010 M−1s−1)
towards all nucleobases [48]. The damage to DNA by HO• predominantly occurs by strand
fragmentation (via phosphate backbone cleavage) that leads to a reduction in the length
of DNA [49]. This ultimately results in a weakened attachment and/or donor–acceptor
complexation if exposure to HO• is extended.

Destiani and Templeton [30] found a synergistic effect for inactivating ARGs using
sequential UV and chlorine compared with individual treatments. As expected, and in
agreement with others [32], the log inactivation of ARGs increased with increasing UV
fluence. Sequential UV and chlorine resulted in a synergistic inactivation of the target
ARGs [30]. Synergy in the inactivation of the sul1 gene was noted for all the ARGs,
although some differences were observed. For example, synergy in the inactivation of the
blaTEM-1 gene was observed at UV fluences of 50 and 200 mJ/cm2, whereas the synergy
for tetA was only observed at a UV fluence of 100 mJ/cm2 and at UV fluences of 100
and 200 mJ/cm2 for mphA. The extent of synergy was also dependent on the chlorine
dose, with the maximum synergy of 0.25-log occurring for mphA at a chlorine dose of
1 mg/L. Increasing the chlorine dose to 2 mg/L (a UV fluence of 200 mJ/cm2) resulted
in an increased synergy with a 0.6-log greater inactivation of mphA compared with the
sum of the individual treatments with a final inactivation of 2.8-log. Since free chlorine
predominantly reacts with amino acids and membrane-bound proteins and UV radiation
with nucleic acids, the synergy in the ARG inactivation during the sequential UV and
chlorination process could be attributed to the decrease in bioactivity due to UV irradiation
resulting in enhanced reaction of chlorine with cells [11]. The authors also investigated the
inactivation of ARBs and found that the required UV fluence was much higher for ARGs
than for ARB. Using a chlorine concentration of 30 mg/L, the inactivation of tetA, blaTEM-1,
sul1, and mphA was 1.7-log, which was higher than using UV irradiation alone at a fluence
of 200 mJ/cm2 (1.2-log).

It could be concluded that a pre-disinfection step (e.g., ozone or chlorine dioxide)
leading to substantial cell envelope damage followed by a downstream post-disinfection
step using an oxidant for DNA damage might lead to a synergistic effect [50]. Hence, it
is plausible to hypothesize that the synergy could be attributed to multiple mechanisms
related to two different disinfections. For example, dual damage mechanisms in which
chlorine inflicts damage to cell walls and UV irradiation to purines, pyrimidines, and
nucleic acid could result in synergistic ARG inactivation [11].
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Table 2. Inactivation of ARGs by chlorine and UV/chlorine.

Target Wavelength
(nm)

UV Fluence
(mJ/cm2) LRV Output

Power (W)
Cl2 Dose

(mg/L)
Volume

(mL) Reference

sul1, tetX, tetG,
intI1, and 16S

rRNA
254 62.4, 124.8,

249.5 2 16 30 1800 [41]

sul1, intI1 254 120 ~3.5–4 NG 20 50 [43]
tet(A), bla-TEM1,

sul1, and mph(A) 254 200 2.2–2.8 NG 30 100 [28]

tetA, tetB, strB,
sul2, aacC2 254 320 2.7–3.1 NG 2 10 [49]

sulI, and intI1 - - * 1.5–2.4 - 20 50 [44]
blaTEM-1 - - * 0 - 10 15 [32]

tetA, bla-TEM1,
sul1, and mphA - - * 3.4–3.6 - 5 200 [29]

* Chlorine alone without UV irradiation.

Another recent investigation looked at UV/chlorine synergy for bacterial inactivation
and ARG damage [51]. Using chlorine alone (2 mg/L), the copy number of 16S rRNA
genes in Morganella morganii and Enterococcus faecalis decreased by 4.19-log and 3.99-log,
respectively. When UV radiation (320 mJ/cm2) was combined with chlorine (2 mg/L),
the reduction in the copy number of ARGs increased up to 1.5-log. The authors further
noted that the inactivation of the tetB gene in Enterococcus faecalis was greater than that in
Morganella morganii under similar conditions (p < 0.05). In agreement with Destiani and
Templeton [30], ARG inactivation needed higher UV fluences compared with ARB. Overall,
it was concluded that the inactivation of ARGs was more pronounced at a higher chlorine
concentration and was of greater significance than a higher UV fluence. The effect was
further enhanced when UV and chlorine were combined. For example, at a UV fluence
of 40 mJ/cm2, the reduction in ARGs ranged between 0.15 and 0.38-log, whereas adding
2 mg/L chlorine increased it to 0.41–0.94-log.

Combining UV radiation with chlorine is an emerging AOP that potentially could
be retrofitted in most water and wastewater facilities. Compared with stand-alone UV
and UV/H2O2 treatments, UV/chlorine treatment could lead to minimizing the selection
of resistant genes by reducing chlorine requirements, which would also be beneficial in
lowering the formation of DBPs. Simultaneously, the UV fluence could also be reduced
when chlorine is used in the UV/chlorine AOP, which would reduce the energy require-
ments and hence improve the economic efficiency of the combined treatment. However,
research in this area is quite limited and further studies looking at the optimization of
the process are needed. Further work to determine the role of different conditions (such
as the radical generating agent, its concentration in a UV/chlorine AOP, the impact of
gene-carrying organisms (bacteriophages or bacteria), and the nature of genes (intracellular
or extracellular)) is important in determining the impact of oxidizing species, particularly
HO•. Additionally, more research optimizing the chlorine dose in relation to UV fluence
would be useful to understand and enhance the synergy for ARG inactivation. Nonetheless,
the UV/chlorine AOP could be a promising practical alternative to not only improve the
inactivation of ARGs and ARB, but to also simultaneously reduce the possibility of bacterial
regrowth in water distribution systems as well as minimize microbial selection and the
formation of DBPs [2].

3.3. UV/H2O2 AOP for Damaging DNA

The UV/H2O2 process relies on photolysis of H2O2 to generate HO• and is among the
most widely investigated and applied AOPs in water and wastewater treatment at laboratory
and/or small scale with huge potential for full-scale applications. The process has been increas-
ingly used for damaging ARGs in recent years with a few full-scale investigations (Table 3).
A recent full-scale study employed the UV/H2O2 process for damaging different ARGs
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in tertiary treated wastewater, i.e., wastewater post-coagulation/flocculation/decantation
followed by filtration by a rotofilter [36]. The UV/H2O2 process was the most efficient
in damaging 16S rRNA and other investigated ARGs when compared with other AOPs
including UV/peroxymonosulfate (PMS) with or without Fe (II) [36]. Although the gen-
eration of radicals was not investigated by the authors, it was hypothesized to be higher
during UV/PMS-based processes compared with the UV/H2O2 process. It must, however,
be noted that the species of radicals produced are different during these processes, with
HO• being non-selective in nature compared with the selective SO•−

4 generated during
UV irradiation of PMS. It is also worth noting that the redox potential of PMS (+1.82 V) is
higher than that of H2O2 (+1.76 V) [52]. Some lab-scale investigations have demonstrated
UV/PMS to be superior to the UV/H2O2 process [53,54]. UV/PMS is outside the scope of
this review but it is apparent that the efficiency of UV/PMS is more dependent on the type
of water matrix when compared with UV/H2O2 [55]. Further work is therefore needed to
fully understand the UV/PMS process and its robustness with respect to damaging ARGs,
particularly in representative water matrices.

Table 3. Inactivation of ARGs by UV/H2O2.

Target Wavelength
(nm)

UV
Fluence LRV Output

Power (W)
H2O2 Dose

(mg/L)
COD

(mg/L)
Volume

(mL) Reference

16S rRNA, sul1,
sul2, qnrS,

blaTEM,
blaOXA-A, and

intl1

254 40–170 J/L <1 330 W 17 27 ± 3 140,000 [33]

sul1, tetX, tetG,
intI1, and 16s

rRNA
254 NG 2.8–3.5 16 340 13–39 1800 mL [55]

blaTEM 320–450 25 mJ/cm2 0 250 20 NG 500 mL [53,54]

ampR, kanR 254 44–140
mJ/cm2 4 NG 10 (DOC, 5.2) 120 mL [30]

The impact of HO• on the inactivation of ARGs is one of the most focused-on aspects
of most studies investigating the UV/H2O2 process, with varying findings. For example,
Yoon et al. [31] reported a negligible contribution of HO• to the inactivation of e-ARGs
(amp and kan) during UV/H2O2 treatment of wastewater effluent. It must be noted that
the wastewater effluent samples were collected from the conventional activated sludge
process and therefore scavenging of radicals was expected. According to the authors,
the average UV fluence delivered in the case of wastewater was 1.4-fold lower than the
UV-transparent water, such as phosphate buffer solution. The rates of e-ARG damage were
fairly similar for the UV-only and UV/H2O2 treatments (p = 0.56 and 0.75, respectively) due
to the reduced HO• oxidation efficiency in the wastewater effluent matrix due to radical
scavenging by organic matter (DOC = 5.2 mg/L). Although the authors did not support
their results with an actual measurement of radicals, the fact that the e-ARG damage in
the phosphate buffer was greater during the UV/H2O2 treatment compared with the UV
treatment corroborates their findings of radical scavenging. Therefore, despite the high
HO• reactivity to e-ARGs (k = ~1010 M−1 s−1), the resulting degradation of ARGs could be
insignificant during UV/H2O2 treatment of complex water matrices [31].

Another study investigated the impact of a 250 W lamp equipped with a UV filter
(emission range: 320–450 nm) in UV/H2O2 (20 mg/L) for its potential to reduce resis-
tance transfer [56]. The antibiotic-resistant E. coli strain was isolated from the effluent
of an activated sludge process of a WWTP and cultivated on selective culture medium.
Qualitative PCR was performed on total DNA and on DNA extracted from cell cultures
to investigate the blaTEM, qnrS, and tetW genes in E. coli-spiked samples. While the blaTEM
gene was detected in both samples, qnrS and tetW were not detected in the PCR assay;
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they were either absent or present at very low concentrations. The results showed no
change in the DNA extracted from cell cultures after UV/H2O2 treatment for up to 90 min.
Similar results were reported for total DNA with the blaTEM gene copy number remaining
unchanged during treatment for up to 300 min despite total inactivation of E. coli after
240 min. Although the treatment time was very high, the UV fluence delivered at this time
was quite low (25 mJ/cm2) compared with other investigations reporting several hundreds
of UV fluence needed for a 2–4 log ARG inactivation. Moreover, the wavelength range used
by the authors is not commonly used in real applications. Additionally, the efficiency of
the UV/H2O2 process is highly dependent on the concentration of H2O2 and other water
quality parameters that need to be optimized for achieving effective inactivation.

The impact of operating parameters such as H2O2 dose and pH has been well reported
during the UV/H2O2 process for conventional applications, i.e., degradation of organics
in water and wastewater. Some recent studies have also been carried out to determine
their impact on the ARG damage in wastewater. For example, an optimized UV/H2O2
process taking pH, H2O2 dose, and time of UV irradiation into account was investigated
for various ARGs (sul1, tetX, tetG, intl1, and 16S rRNA) in secondary effluent using a
254 nm UV lamp [57]. At a much higher concentration of H2O2 (340 mg/L) and a pH of 3.5
compared with the study of Ferro et al. [57], a much higher reduction in the investigated
genes in the range of 2.64–3.48 after 30 min of irradiation was reported by Zhang et al. [58].
Increasing the pH to 7 resulted in a reduced log reduction of ARGs to 1.55–2.32. Therefore,
a pH of 3 and a H2O2 concentration of 340 mg/L were considered best for damaging ARGs.
Such a lower pH is not practically feasible. Therefore, optimization of process parameters
for ARG inactivation needs to be carried out specifically considering practical application
of the UV/H2O2 process. As the concentration of H2O2 is one of the most important factors
determining the efficiency of the UV/H2O2 process, the impact of H2O2 concentration on
the inactivation of two ARGs (mecA and ampC) has also been investigated by others [59].
For a UV fluence of 120 mJ/cm2, approximately 2.3–2.9- and 1.4–2.7-log inactivation of
ampC and mecA, respectively, was achieved with different concentrations (340, 1700, and
3400 mg/L) of H2O2. With the addition of thin TiO2 film, the inactivation of mecA and
ampC improved to 2.7–3.4- and 2.7–3.2-log, respectively.

It is clear from the studies reported thus far that the UV/H2O2 process is an effective
measure to damage ARGs. However, the UV fluence and H2O2 dose required could be
very high for a real-water matrix with organics. The focus therefore needs to be placed
on appropriate pre-treatment technologies to reduce the organic load to minimize costs
and enhance process efficiency. Considerable research has been carried out to determine
the efficacy of different pre-treatments prior to UV AOPs for the removal of contaminants
to improve the subsequent process performance, which could make an excellent starting
point for investigating the ARG damage in real matrices by combining UV/H2O2 with
suitable pre-treatments. A biological treatment as a post-UV/H2O2 treatment is generally
very effective in improving the energy efficiency and overall treatment performance. It is,
however, uncertain how the combined UV/H2O2 and biological process performs with
respect to changes in ARGs, which needs to be investigated in future studies. UV-LEDs as
emerging sources of UV irradiation could prove more effective considering the possibility
of combining different wavelengths in novel reactor designs. Only one study has thus far
looked at the application of UVC-LEDs for damaging ARGs [60].

A shared concern with most disinfection processes as well as UV-based processes is the
selection of ARGs that could result in transfer of antibiotic resistance even after treatment.
The focus of future studies irrespective of the UV source needs to be placed on determining
the optimum conditions to minimize or avoid selection pressure. Within this context,
benchmarking UV fluences and the role of HO• in combination with other operational
conditions should be considered in future investigations with a view to reducing the overall
ability of ARGs to transfer resistance.
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4. Current and Future Perspectives

Considering that antimicrobial resistance is a recent concern when compared with
traditional contaminants in water and wastewater, there are several unknowns and un-
certainties that need to be understood to enable the control or mitigation of antibiotic
resistance. One of the greatest challenges is to identify practical and relevant target types in
addition to levels of antibiotic resistance benchmarks specifically for reuse applications [1],
which are important to providing or formulating a basis for potential future regulations.
Moreover, standardized methods for both the identification and quantification of ARB
and ARGs are needed. Since identifying all the ARB and ARGs is not practical, there is
a need to identify targets both in terms of the types and final level of inactivation con-
sidering the deleterious health impacts—an approach analogous to the one adopted for
pathogens as microbiological water quality indicators. Although it is uncertain if such a
strategy could be applied to DNA/ARGs, it could be a good starting point in identifying
potential approaches to answer some of the key questions related to tackling the challenge
of antibiotic resistance.

There is a considerable knowledge gap in relation to the fate of ARB and ARGs during
conventional wastewater treatment and the future role of advanced treatment technologies
in addressing the important issue of antibiotic resistance. For example, little is known
about the impact of potential factors on the selection of and changes in ARB and ARGs
during different wastewater treatment stages. Moreover, knowledge on how the overall
bacterial community, antibiotics, metals, and other selective agents relate to the abundance
or removal of clinically relevant ARB and ARGs under selected treatment schemes is lacking.
This information is important to understand the conditions that favor the growth of ARBs
and to understand the associated risks. Furthermore, because of DNA repair mechanisms
in the cells, it is uncertain how much DNA damage is needed to make ARGs useless
to bacteria, i.e., to inactivate ARGs permanently or make them unsuitable for transfer.
Therefore, it is important to establish quantitative DNA assays and relate them to culture-
based assays after UV irradiation. Advanced treatment technologies, including UV and
membrane filtration, have been successfully implemented for wide-ranging applications
in the water industry and these have been shown to be effective for controlling antibiotic
resistance. In regard to sources of UV irradiation, UV-LEDs as robust and energy-efficient
sources of UV irradiation are of particular interest and need to be investigated in the future.

Wastewater disinfection processes operated under typical treatment conditions are
markedly effective in minimizing the overall ARB levels; however, they could lead to
ARB selection (i.e., increased relative proportions of ARB amongst the surviving bacte-
rial cells) [61,62]. This could lead to an increase in the potential for antibiotic resistance
dissemination. Therefore, processes aimed at achieving disinfection need to shift the fo-
cus from microbial inactivation to achieving ARG inactivation. It is important to note
that the selection pressure exerted on environmental bacteria depends on several fac-
tors, including the type of selective agent, their concentrations and chemical speciation,
co-exposure to other selective agents, exposure time, and environmental conditions for
bacterial growth [63]. It is therefore critical to understand the complexities and uncertain-
ties involved in these factors to completely recognize the role that selective agents play in
promoting the antibacterial resistance [64].

Conventional UV lamp systems are a well-established technology for water disinfec-
tion, but most studies conducted thus far have investigated “log inactivation of ARGs”. A
higher or a specific log inactivation could be a useful measure for bacterial inactivation,
but it does not necessarily reflect the safety of the treated water in terms of the remaining
resistance potential. It is therefore important to consider how the log ARG inactivation
correlates with the ARG transformation potential after treatment, which requires simulta-
neous application of both DNA quantification and plate count methods for determining
transformation potential. Considering that AOPs can achieve the dual objective of organics
degradation, including several antibiotics, and microbial disinfection, including DNA dam-
age, these processes need to be thoroughly investigated under different conditions. This is
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important to understand the role of different radicals (Cl•, Cl2•−, HO•) in simultaneously
oxidizing organics and damaging DNA to minimize opportunities for antibiotic resistance
spread. The effectiveness of AOPs has been proven for the inactivation of ARB and damage
to ARGs at lab-scale. However, their application on real wastewater matrices at full-scale is
challenging and requires research in a broad range of areas, including the optimization of
the processes in the presence of contaminants, the impact of pre- and post-treatments on the
process efficiency, and the overall operational cost and energy requirements under different
scenarios (oxidant dose, type and quality of wastewater, UV fluence). UV-LEDs could
become practically applicable in the future, opening up more opportunities to combine
different wavelengths for the purpose of effective microbial and DNA damage.

The challenges that remain to be addressed are multidisciplinary in nature. From
initial clinical control of antibiotic administration to their spread in the aquatic environment,
questions related to the types of antibiotics and associated ARGs that are of most concern
include: What is their removal and bacterial uptake potential? Which ARGs pose the
maximum level of risk? How is the maximum level to be defined? How does abundance
relate to risk in a wider environmental perspective? All these aspects are important to be
considered for an accurate risk assessment and devising comprehensive and economically
viable treatment strategies. Since treated wastewater could be reused multiple times and
for diverse applications, such as indirect potable and industrial use, irrigation, and aquifer
recharge, assessing the relevant risks is even more complex when compared with drinking
water. Therefore, the need to adequately address the relationship between anthropogenic
and environmental factors in assessing health risks cannot be overemphasized.

5. Conclusions

Antimicrobial-resistant bacteria and antimicrobial resistance genes present an emerg-
ing challenge to treated wastewater reuse applications considering that these contaminants
are unregulated. These concerns are further exacerbated by the fact that: (1) wastewater
treatment plants are considered a hotspot of microbial resistance; (2) the fate of antimi-
crobial resistance genes is not understood; and (3) the current treatment approaches are
inefficient in inactivating genes. UV-based processes are some of the most investigated
advanced treatments that have been tested and validated at large-scale with many full-scale
applications globally. UV and chlorine as stand-alone processes could be effective, but
modifications (combined use, use of oxidants, pre-treatments) need to be made for their
efficient application. Nonetheless, the efficiency of these processes needs to be investigated
with an approach different to what has been prevalent in the water industry over the past
few decades, i.e., from inactivating indicator microorganisms to DNA damage. Hence,
there is a need for a paradigm shift from conventional disinfection, with the primary aim
of inactivating pathogens as an indicator of the microbiological safety of water, to effec-
tive damage to the DNA and resistance genes that could still be present after microbial
inactivation. This approach requires an understanding of the types of genes and their fate
during wastewater treatment, potential health and ecological impacts, the transformation
potential, and the impact of conventional treatments cf. advanced treatments both on the
inactivation and relative abundance of different types of genes. Considering the limited
knowledge on the real impact (on human health, on ecosystems) of the presence of environ-
mental ARB and ARGs present in source water, treatment plants, and distribution systems
and upon wastewater reuse, future research needs to place emphasis on understanding
and quantifying the risks. Furthermore, it is critical to understand how the technological
interventions would impact the overall treatment and economic outlook of wastewater
reuse applications.
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Abstract: Non-biodegradable copper (Cu) and lead (Pb) contaminants in water are highly toxic and
have series adverse effects. Therefore, it is very important to extract heavy metals from wastewater
before it is discharged into the environment. Adsorption is a cost-effective alternative method for
wastewater treatment. Choosing a low-cost adsorbent can help reduce the cost of adsorption. In this
study, conversion of reside after extracting aluminum (REA) produced by sub-molten salt method
transform high-alumina coal fly ash (CFA) into 11Å-tobermorite to adsorb Cu(II) and Pb(II) from
aqueous solutions at room temperature. The synthesis of the adsorbent was confirmed using scanning
electron microscope (SEM), X-ray diffractometer (XRD) and Brunauer–Emmett–Teller (BET) method
surface analysis. To study the adsorption characteristics, factors such as initial Cu(II) and Pb(II)
concentration, pH, contact time, adsorption characteristics and temperature were investigated in batch
mode. The maximum adsorption capacity of Cu(II) and Pb(II) was 177.1 mg·g−1 and 176.2 mg·g−1,
respectively. The Langmuir adsorption model was employed to better describe the isothermal
adsorption behavior and confirm the monolayer adsorption phenomenon. The pseudo-second-order
kinetic model was used to highlight Cu(II) and Pb(II) adsorption kinetics. Thermodynamic analysis
indicated the removal Cu(II) and Pb(II) by TA-adsorbent was a nonspontaneous and exothermic
reaction. The obtained results are of great significance to the conversion of industrial waste to low-cost
adsorbent for Cu(II) and Pb(II) removal from water.

Keywords: residue after extracting aluminum from CFA (REA); synthetic tobermorite; heavy metals;
copper; lead; adsorption; kinetics study

1. Introduction

Water pollution is a major problem humankind faces today [1], large-scale wastewater
is inevitable generated by industrial and economic development and places a lot of strain
on ecosystem [2,3]. Heavy metals have been recognized as highly toxic contaminants
owing to their highly pathogenic and bioaccumulation throughout the food chain [4].
Among the heavy metals, copper (Cu(II)) and lead (Pb(II)) are of particular interest as
they are extensively produced in human activities and have been released into the aquatic
environment [5,6]. According to the values announced by the World Health organization
(WTO) and Environmental Protection Agency (EPA), the maximum permissible limits of
Cu(II) and Pb(II) in drinking water are 1 mg·L−1 [7] and 0.05 mg·L−1 [8], respectively.
Once these metals are ingested beyond the maximum permissible limits, they may result
in mutagenic and carcinogenic effects could cause further damage to multiple systems
and organs of the human body, or even death [9]. Nowadays, remediate Cu(II) and
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Pb(II) contaminated water has been developed by various techniques, such as chemical
precipitation, flocculation, ion exchange, membrane technology and permeable reactive
barriers (PRBs) [10], among them, adsorption has low initial capital and maintenance costs
and applicable to many technologies [11].

Over the last decade, many studies have focused on utilization of unique Coal fly
ash (CFA) distribution in northern Shanxi and western part of Inner Mongolia China as
the potential substituted resource of bauxite for the alumina industry, because it contains
40-50% alumina [12–15]. Among these efforts, the hydro-chemical process has emerged as a
more promising alternative [16]. the process was first proposed by researchers in the former
Soviet Union, which is believed to be an effective method for “Al-rich” waste product,
such as red mud (RM) [17], high-alumina coal fly ash (HAFA) [12] and low-grade bauxite.
During the process, the silicon-bearing components react with the slaked lime to generate
a new crystal phase (NaCaHSiO4) and enter the solid phase, where alumina is extracted
from HAFA under high temperature and pressure. Sun proposed a mild hydro-chemical
process for the extraction of alumina from HAFA [18]. The alumina extraction efficiency
reached above 90% under optimal conditions. However, it is known that NaCaHSiO4
exhibits strong alkalinity and can potentially damage agricultural land and groundwater if
not appropriately treatment [18]. Previous studies have indicated that NaCaHSiO4 is easily
digested and converted to tobermorite adsorbent (TA) in diluted alkaline solution [19,20].
Additionally, the physiochemical properties of TA make it a potential adsorbent.

Tobermorite is a layer-lattice calcium silicate hydrate mineral, which consists of infi-
nite layers of Ca-O polyhedra, with wollastonite-type silicate chains condensed on both
sides of Ca-O polyhedra [21]. Three different individual tobermorite (14 Å, 11 Å and 9 Å
tobermorite) can be defined owing to their c-axis length [22], among these, 11Å-tobermorite
is structurally stable at ambient temperature and the most important mineral of the to-
bermorite family. Apart from their widespread application in the building materials and
refractory materials, tobermorite is nowadays extensively applied in organic or inorganic
effluent treatment due to its high specific surface area and ion-exchange capacity [23]. In
previous studies, 11Å-tobermorite has been synthesized from pure chemical sources. If
industrial wastes serve as the sources of calcium or silicon, the synthesis cost of TA can be
further reduced. Herein, alumina-extracted residue (AER) from the mild hydro-chemical
process, whose principal crystalline constituents were NaCaHSiO4, was used to synthesize
11Å-TA via hydrothermal method. Different Ca/Si molar ratio, hydrothermal temperature
and time were designed as the modification parameters. Furthermore, prepared 11Å-TA
was applied to Cu(II) and Pb(II) removal from water solutions, where the removal mecha-
nism and kinetics of Cu(II) and Pb(II) were studied in detail. This work not only reduces the
cost of Cu(II) and Pb(II) removal but also ameliorates issues related to solid waste disposal.

2. Materials and Methods
2.1. Raw Materials

AER obtained using hydrothermal process from high-alumina coal fly ash (HCFA)
(collected from the Inner Mongolia Da Tang Thermal power plant, Hohhot, China ). The
operation conditions of AER synthesis were previously reported [24]. X-ray fluorescence
(XRF, PANalytical, Eindhoven, Netherlands) was used to determine the chemical compo-
sition of AER, (Table 1), where SiO2 content was 35.57% and Na2O content was 17.91%.
Therefore, the high alkalinity of AER without treatment generates environmental pollution.
In contrast, exhibits AER potential recycling value for the recovery of alkali, and is a source
of silicon and calcium. AER also contains trace quantities of various metal oxides such
as Fe2O3, Al2O3, TiO2 and MgO. Scanning electron microscope (SEM) analysis of AER is
shown in Figure 1a. X-ray diffractometer (XRD) pattern of AER (Figure 1b) shows that the
main phases correspond to NaCaHSiO4 and Ca(OH)2. The remaining chemical reagents (an-
alytical grade) were supplied by KULONG Chemical Reagent Co. Ltd. (Chengdu, China).
Deionized water was used in all experiments.
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Table 1. Chemical composition of AER (ωt%).

Component CaO SiO2 Al2O3 Na2O Fe2O3 TiO2 MgO Others

Mass (%) 37.39 35.57 2.10 17.91 2.03 2.76 1.86 0.39
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Figure 1. Scanning electron microscope (SEM )image (a) and X-ray diffractometer (XRD) pattern (b)
of alumina-extracted residue (AER).

2.2. Preparation of Adsorbents

11Å-TA from AER was synthesized by hydrothermal synthesis, where AER was
sufficiently alkaline to effect the decomposition of itself without addition of a strongly
basic reaction medium. AER molar ratio Ca/Si was approx 1.1 (Table 1). However, the
optimal molar ratio of Ca/Si was 0.83, which was calculated from the ideal composition of
11Å-TA (5CaO·6SiO2·5H2O). Hence, the molar ratio of Ca/Si was adjusted by mix ratio
of fumed silica and AER, which also allowed to study the effect of different mix mass
ratio of fumed silica and AER on the hydrothermal product, with the designed molar
ratio of Ca/Si was being 0.8–1.1. In all batches, the liquid-solid ratio was 25 mL·g−1. The
slurry was transferred to a 100 mL polytetrafluoroethylene (PTFE)-lined Ni steel autoclave
after mixing, the autoclave was sealed and finally placed in an oven (WGZ-9040, ever
briGht medical treatment instrument Co. Ltd., Beijing, China) to conduct hydrothermal
experiments, which were performed over specific times at different temperatures. The
overall reaction conditions are summarized in Table 2. When the hydrothermal process
was finished, the products were filtered after cooling to room temperature and washing to
neutral pH. The synthesized samples were collected and dried at 103 ◦C to constant weight
for characterization.

2.3. Adsorption Batch Tests

In order to explore the adsorption and potential of synthetic 11Å-(TA) to remove Cu(II)
or Pb(II), gradient solutions of metal ions between 200 mg·L−1 and 2000 mg·L−1 were
prepared by subsequent dilution of the stock solutions using deionized water. The stock
solution (4000 mg·L−1) of Cu(II) and Pb(II) ions were prepared by dissolving CuSO4·5H2O
and Pb(NO3)2 in deionized water, respectively. According to the solubility product prin-
ciple, in view of the difference between Ksp[Pb(OH)2] (25 ◦C) and Ksp[Cu(OH)2] (25 ◦C),
Cu(II) and Pb(II) began to precipitate at approx pH 5.3 and 6.6, respectively [25]. Therefore,
the initial pH value of Cu(II) and Pb(II) solution were adjusted to 5.0 in the subsequent
experiment using dilute HNO3 (0.1 M) and NaOH (0.1 M) solutions.

A batch equilibrium method was applied to the removal experiments. Typically,
0.1 g of TA was added into a 100 mL centrifuge tube. Then, 25 mL of simulated contam-
inated water (Cu(II) or Pb(II)) was added and the tube was subjected to a thermostatic
oscillator (SHA-B, LiChen Co. Ltd., Shanghai, China) at 200 rpm for 12 h at room tem-
perature (25 ± 2 ◦C). After adsorption, the slurry was centrifuged for 180 s at 6000 rpm.
Liquid supernatant was withdrawn using an injection syringe (25 mL, Kelun Co. Ltd.,
Chengdu, China) and then filtered through a 0.45 µm polyethersulfone membrane filter
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(JinTeng Co. Ltd., Tianjin, China). Then filtrate was immediately diluted 10 times with
distilled water. The amount of metal cations was determined using an inductively coupled
plasma mass spectrometer (ICP, ICAP6500, Thermo Fisher Scientific, Waltham, MA, USA).
To determine the amount of Cu(II) and Pb(II) absorbed on TA, the following equations
were used:

qe =
(C0−Ce)×V

M
(1)

%Removal =
(C0 −Ce)

C0
× 100 (2)

where qe is the adsorption capacity of absorbent for heavy metal ions (mg·L−1); C0 is the
initial concentration of the heavy metal ions (mg·L−1) and Ce is the equilibrium concentra-
tion of heavy metal ions (mg·L−1); V and m are the volume of solution (L) and the mass
of the dry adsorbent (g), respectively. All glass and plastic containers in the experiment
were soaked in 0.5 M nitric acid solution for 24 h and then washed repeatedly with distilled
water and dried under 70 ◦C.

Table 2. Ranges and values of the experimental parameters for 11Å-TA synthesis using AER.

Samples Label
Experiment Conditions Liquid-Solid

Ratio (mL·g−1)Ca/Si (Ratio) Temperature (◦C) Time (h)

To-1 0.8

160

12

25

To-2 0.9
To-3 1.0
To-4 1.1
To-5 0.8

180
To-6 0.9
To-7 1.0
To-8 1.1
To-9 0.8

200
To-10 0.9
To-11 1.0
To-12 1.1
To-13

1.0 a 200

3
To-14 6
To-15 9
To-16 12

a refers to suitable parameter values selected from previous set to be applied for the next sets of experiments.

In order to observe the effect of contact time on the adsorption of heavy metals on the
obtained TA, all experiments were performed with 0.1g of TA suspended in 25 mL of Cu(II)
(1000 mg·L−1) or Pb(II) (1000 mg·L−1) solutions at initial pH 5.0 ± 0.1. The effect of contact
time on the adsorption rate were carried out by performing the adsorption experiments at
pre-determined time intervals (5, 20, 40, 60, 90, 120, 180, 240, 300 and 360 min). The samples
were collected at various intervals of time in order to monitor the reaction in kinetics.

To test the effects of solution pH on the adsorption of heavy metals on TA, 0.1 g TA
was added to 25 mL of 200 mg·L−1 Cu(II) or Pb(II) solution at pH 1.0–6.0. pH values of the
solutions were measured using a pH meter (PHS-3C, INESA scientific instrument Co. Ltd.,
Shanghai, China). The residual heavy metal concentration in the upper clear liquid was
detected by ICP.

2.4. Characterization Techniques

The crystal structures were determined using X-ray diffractometer (XRD, Ultima IV,
Rigaku Co. Ltd., Tokyo, Japan) with a Cu Kα radiation (λ = 0.154 187 nm) operation at
40 kV and 40 mA. 2θ scans were performed from 3◦ to 80◦ at a rate of 15◦·min−1. The
chemical compositions were analyzed using X-ray fluorescence analyzer spectrometer
(XRF, PANalytical, Eindhoven, The Netherlands). The specific surface area of the obtained
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material was measured using surface area analyzer (Autosorb-iQ, Quantachrome, Boynton
Beach, FL, USA) and evaluated by measuring the isothermal adsorption of N2 based on the
single-point Brunauer–Emmett–Teller (BET) method. The microstructural development
and chemical characteristics of samples were studied using a scanning electron micro-
scope (SEM, Zeiss Instruments, Oberkochen, Germany) equipped with energy dispersive
spectroscopy (EDS, Oxford, UK). The zeta potentials of the obtained TA adsorbent were
conducted by Nano zeta sizer (Zs90, Malvern Instruments, Malvern, UK) in electrophoretic
light scattering mode. The concentration of the metal ions in solution was measured via
an inductively coupled plasma mass spectrometer (ICP, Thermo Fisher Scientific Co. Ltd.,
Waltham, MA, USA).

3. Results and Discussion
3.1. Characterization of TA from AER

Powder XRD studies were conducted on the materials obtained with increasing Ca/Si
molar ratio at 160 ◦C (Figure 2). XRD patterns of To-1, To-2, To-3, To-4 and AER were the
same except for the peaks height ratio, hence, NaCaHSiO4 from AER failed to effectively
dissolve and form the calcium silicate hydrate gel (C-S-H) and crystallize to 11Å-TA. The
effect of varying reaction temperature from 160 ◦C to 200 ◦C was investigated with Ca/Si
molar ratio of 1 and treatment time of 12 h (Figure 3). XRD patterns of the samples after
hydrothermal reaction in different temperature show a clear decrease in peak intensity
corresponding to NaCaHSiO4 and Ca(OH)2 phases, which almost disappear at higher
temperature (200 ◦C), while 11Å-TA had greater intensity in the main reflections of 7.61◦,
5.46◦ and 28.91◦(2θ) and Ca3Al2O6 was more clear in the main reflections of 33.13◦ and
47.72◦ (2θ). Furthermore, attempted synthesize of 11Å-TA at lower hydrothermal tempera-
ture was also carried out for comparison. XRD pattern of To-3 was comparable to that of
To-7, and the peak intensities of NaCaHSiO4 remained almost unchanged, indicating that
NaCaHSiO4 was stable under hydrothermal temperature of 180 ◦C. It was also observed
that hydrothermal temperature played a major role in the dissolution of Si4+ species present
in NaCaHSiO4 matrix of AER.
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XRD patterns of products obtained from the hydrothermal reaction with various Ca/Si
molar ratio at 200 ◦C are shown in Figure 4. The hydrothermal time was fixed at 12 h. The
observed peaks of main phases in ARE fully disappeared. Si and Ca were all dissolved
and completely used for new mineral formation. All samples show characteristics peaks
of 11Å-TA. This highlights the possibility of crystallization of the material over a wider
Ca/Si molar ratio range. When the ratio was 0.8, the crystal phases in the product were
mainly 11Å-TA, with quartz and analcime detectable only in trace amounts. According to a
primitive inference from Hsiao [26], the presence of Na+ and a basic solution environment
are required for the synthesis of analcime. NaCaHSiO4 was sufficiently alkaline to effect
the decomposition of itself and produce sufficient SiO3

2−, Na+ and alkalinity without
addition of any more strongly basic reaction medium during hydrothermal reaction. In
addition, some SiO2 did not transform into TA but into quartz indicating that Ca source was
insufficient. As Ca/Si molar ratio increased, the quartz and analcime characteristic peaks
disappeared, while relatively strong reflections of Ca3Al2O6 were detected. According to
the above analyses, hydrothermal treatment of AER without addition of extra silica and
calcium source formed 11Å-TA. The reactions were expressed as follows:

NaCaHSiO4 + OH− → SiO3
2− +Na + Ca(OH)2 (3)

SiO3
2− + Ca(OH)2+H2O→ C-S-H+OH− (4)

C-S-H→ 11Å-Tobermorite (Ca5·Si6O16(OH)2·nH2O) (5)

The hydrothermal time plays an important role in the synthesis of 11Å-TA. The effect
of varying hydrothermal time between 3 and 12 h was investigated with hydrothermal
temperature of 200 ◦C and Ca/Si molar ratio of 1. Figure 5 presents XRD diffraction pattern
of the samples obtained after different hydrothermal treatment times. To-13 signals corre-
sponded to the newly generated sodium calcium aluminum oxide silicate hydrate phase in
addition to peaks corresponding to NaCaHSiO4 present in the unreacted AER, where most
of NaCaHSiO4 remained unreactive after 3 h. After which only the characteristic peaks of
11Å-TA were observed at 6 h. However, after 12 h, the main final phase in the product was
11Å-TA; Ca3Al2O6 according to XRD analysis. The patterns remained unchanged, apart
from peaks related to 11Å-TA that narrowed as the crystalline phase became more ordered.
Hence, the optimal hydrothermal condition was 200 ◦C for 12 h. The 11Å-TA could be
further functionalized to prepare low-cost adsorbing material for water purification.
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Figure 4. XRD patterns of products synthesized at different Ca/Si molar ratio at 200 ◦C for 12 h.
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Figure 5. XRD patterns of products synthesized at 200 ◦C for different time. N—NaCaHSiO4;
S—Sodium Calcium Aluminum Oxide Silicate Hydrate; T—11Å-TA; C—Ca3Al2O6.

Figure 6 shows the morphological changes of the products at different reaction temper-
atures. As shown in Figure 6a,b, a clear outline of the angular-like crystals microstructure,
and particles as irregular globular coexist, which indicate an incomplete reaction and in
agreement with XRD results. With the increase in reaction time. Figure 6c shows that as
the reaction time increases to 6 h, NaCaHSiO4 was no longer present, and To-16 sample
displayed a shorter and thinner band-like morphology, with a length of approx 1µm. Ad-
ditionally, traces of C-H-S phases were observed around 11Å-TA. As shown in Figure 6d,
more and more band-like crystallites formed, some of which were coiled together when the
reaction proceeded for 9 h. Figure 7 shows the schematic of the TA preparation. The surface
area is directly associated with the adsorption capacity for materials using adsorbent. The
surface area of TA-adsorbent was determined as 16.77 m2·g−1 by single-point BET analysis.
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Figure 7. The schematic of the Tobermorite adsorbent (TA) preparation; Q3 represents the bridging
silicate tetrahedra; Q2 represents mid-chain silicate tetrahedra; Q1 represents the end group of a
chain structure.

3.2. Heavy Metal Removal Studies
3.2.1. Effect of Initial pH

pH of the aqueous system has a dramatic effect on adsorption capacity. Excess H+

causes the protonation of TA as well as competition with the toxic metal ions to be adsorbed
on the active sites. However, pH of the solution also affects the state of toxic metal ions. To
prevent the formation of metal hydroxide precipitates in the aqueous system, the effect of
the synthesized TA on the uptake capacity of Pb(II) and Cu(II) was studied in pH range of
1.0–6.0 at 25 ◦C for 6 h.

The results presented in Figure 8 show that the adsorption capacity of Cu(II) increases
with pH from 1 to 3, hence, the adsorption was relatively low under strong acidic conditions.
This was because TA surface was positively charged as a result of H+ would have the
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advantage for the competition compare with Cu(II), electrostatic repulsion forces restricted
existence of the Cu(II) (dominant species), together with trace amounts of Cu2(OH)2

2+

and Cu(OH)+ in the proximity of the adsorption interface. Adsorbent surface became
deprotonated with increasing pH. Consequently, at pH between 3 and 6, the concentration
of OH− increased in order of magnitude, the amount of negative charges on TA surfaces
increased via deprotonation of hydroxyl groups, which promoted strong electrostatic
attraction forces resulting in removal of Cu(II) ions (>95%). Furthermore, removal rate of
Pb(II) adsorbed by TA at different pH values are shown in Figure 8. The same trends were
observed for Pb(II) removal efficiencies with increasing pH, which increased the adsorptive
efficiency from pH 1.0 to 3.0. At pH < 3, the removal was low owing to the active sites
on TA surface being occupied by H+. However, the maximum removal reached 98.3%
and remained above 97% at pH 3.0–6.0. According to the surface complexation theory,
competition between H+ and Pb(II) decreased with increasing pH.
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Figure 8. Effect of pH and recycle adsorption performance of TA for Cu(II) and Pb(II). Cation initial 
concentration was 200 mg·L−1, adsorbent dosage was 0.1 g, 25°C. 

  

Figure 8. Effect of pH and recycle adsorption performance of TA for Cu(II) and Pb(II). Cation initial
concentration was 200 mg·L−1, adsorbent dosage was 0.1 g, 25 ◦C.

The zero point potential (pHzpc) of TA adsorbent is 7.14 at which the net surface charge
of the TA adsorbent is equal to zero. When pH below 7.14, it indicating that the adsorbent
were negatively charged, which favored Cu(II) and Pb(II) removal from the solution. In
addition, the negative surface charge of TA adsorbent accelerates the adsorption rate at the
initial stage. Therefore, the obtained results indicated that the alkaline solution medium
was favorable for the removal of toxic metal ions.

3.2.2. Effect of Initial Concentration

As shown in Figure 9, the initial metal ion concentration ranging from 200 mg·L−1 to
2000 mg·L−1 was examined. Figure 9a depicts that the adsorption capacity of TA increased
with Cu(II) concentration. At equilibrium, qe for Cu(II) was achieved by TA at 177.1 mg·g−1.
This may be attributed to the number of Cu(II) will be less compared to the available sites on
TA, resulting in diminished adsorption at low Cu(II) concentration. At higher initial Cu(II)
concentration, Cu(II) transfer from the solution to TA was favored. However, as shown in
Figure 9a, the removal rate remained over 99% in initial concentration from 200 mg·L−1 to
600 mg·L−1, but decreased with increasing the initial concentration of Cu(II). As shown
in Figure 9b, similar trends were observed for Pb(II), where qe increased with increasing
initial concentration and reached a plateau (177.1 mg·g−1) at above 1000 mg·L−1. The
increase of the initial concentration of metal ion enhanced the driving force that overcome
mass transfer resistance between the liquid and solid phases. qe reached a plateau due
to overlapping of available active sites that adhered the metal ions required for the high
concentration of metal ion [27]. Compared with previous reports, the adsorption capacities
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are significantly higher [28,29], the adsorption capacities are significantly higher. Therefore,
TA could effectively treat Cu and Pb-containing wastewater.
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Figure 9. Effect of initial metal ion concentration on adsorption of Cu(II) (a) and Pb(II) (b) on TA. 
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stants; bL is the Langmuir constant. The linear plots of the Langmuir and Freundlich iso-
therms are shown in Figure 10, and the corresponding parameters are calculated and 
listed in Table 3. Figure 10a,b shows that, the Langmuir model (R2 = 0.993) fitted better to 
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3.2.3. Adsorption Isotherm

The effect of initial concentration on the equilibrium adsorption capacity of metal ion
adsorbed on TA was evaluated at 25 ◦C. The linear forms of the Langmuir (Equation (6))
and Freundlich (Equation (7)) isotherms described the relationship of Cu(II) and Pb(II) in
the solid and liquid phase at equilibrium.

Langmuir model :
Ce
qe

= 1
qmbL

+ Ce
qm

(6)

Freundlich model :
Logqe = LogKF +

1
n LogCe

(7)

where Ce and qe is consistent with it mentioned above; qm is the maximum adsorption ca-
pacity of metal ion adsorbed per unit weight of TA; KF and 1/n are the Freundlich constants;
bL is the Langmuir constant. The linear plots of the Langmuir and Freundlich isotherms
are shown in Figure 10, and the corresponding parameters are calculated and listed in
Table 3. Figure 10a,b shows that, the Langmuir model (R2 = 0.993) fitted better to the Cu(II)
adsorption data compared to the Freundlich model (R2 = 0.921). This indicated that the
adsorption of Cu(II) ions on TA adsorbent involved a monolayer coverage process. Addi-
tionally, the maximum value of qm of TA adsorbent for Cu(II) ions was 171.2 mg·g−1 which
was comparable to the experiment value (177.1 mg·g−1). The separation factor constant
(RL) was used to evaluate the applicability of the adsorbent to the studied adsorbate [30,31],
which was calculated from Langmuir isotherm described in Equation (8).

Separation factor :
RL = 1

1+KLC0

(8)

where Co denotes the initial concentration. KL values were obtained from the Langmuir
isotherm model. As shown in Table 3, RL was between 0.525 and 0.155, and the range from
0 to 1 means that the adsorption process of Cu(II) was theoretically favorable [32].
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Figure 10. (a) Langmuir isotherm; (b) Freundlich isotherm (adsorption conditions: Ce (Cu(II))
= 200-2000 mg·L−1, V = 10 mL, T = 25 ◦C, t = 360 min, pH = 5.0, and adsorbent amount = 0.1 g).
(c) Langmuir isotherm; (d) Freundlich isotherm (adsorption conditions: Ce (Pb(II)) = 200-2000mg·L−1,
V = 10 mL, T = 25 ◦C, t = 360 min, pH = 5.0, and adsorbent amount = 0.1 g).

Table 3. Comparison between Langmuir and Freundlich constants by linear fitting for TA at 25 ◦C.

Kinetic Model Parameter
Metal Ions

Cu(II) Pb(II)

Langmuir

qm (mg·g−1) 171.2 173.01
bL(min−1) 0.00452 1.4522

R2 0.993 0.999
RL 0.525~0.155 0.0135~0.0003

Freundlich
1/n 0.158 0.229

KF (L·mg−1) 60.94 41.591
R2 0.921 0.732

qm is the maximum adsorption capacity of metal ion; bL is the langmuir constant; RL is the separation factor
constant; KF and 1/n are the freundlich constants.

Figure 10c,d shows the experimental adsorption data of Pb(II) for TA that fitted
better using the Langmuir isotherm model (R2 = 0.999) compared to the Freundlich model
(R2 = 0.732). Hence, the active sites of TA were homogeneously distributed on the surface,
and Pb(II) exhibited a more preferred monolayer adsorption. The observed better fitted
data also indicated weak interaction between active sites of the adsorbents. The maximum
adsorption capacity of Pb(II) for TA obtained from the Langmuir isotherm model was
173.01 mg·g−1, which was similar to the maximum adsorption capacity. Table 3 displays
the separation factor (RL), where adsorption was favorable (0 < RL = (0.0135~0.0003) < 1).
Therefore, cost-effectiveness and excellent adsorption performance shows that TA is a
promising candidate for the removal of Cu(II) and Pb(II) from wastewater.
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3.2.4. Effect of Time and Adsorption Kinetics Analysis

The rate-controlling steps are essential in order to further elucidate the removal
mechanism of Cu(II) and Pb(II) by TA. The kinetic data were fitted to either the pseudo-fist-
order (Equation (9)) or pseudo-second-order (Equation (10)) kinetic models.

Pseudo-first-order model : Ln(qe − qt) = Lnqe −K1t (9)

Pseudo- sec ond-model :
t

qt
=

t
qe

+
1

q2
ek2

(10)

where qe and qt are the adsorption capacities of metal ions at equilibrium and different
time, respectively; k1 and k2 are the rate constants for the pseudo-fist-order model and
pseudo-second-order model, respectively. The effect of contact time on the adsorption of
Cu(II) by TA is exhibited in Figure 11a. The adsorption process was considerably faster
in the first few min and reached equilibrium after 180 min. As shown in Figure 11b,c,
the adsorption kinetics of Cu(II) ions on TA was well fitted by both the pseudo-fist-order
model (R2 = 0.9209) and pseudo-second-order (R2 = 0.9606). The simulation results showed
that the calculated qmax of the pseudo-second-order model was in agreement with the
experimental data. Therefore, the adsorption of Cu(II) ions on TA was mainly controlled
by chemisorption. In addition, the effects of the contact time on the adsorption of Pb(II)
were also investigated (Figure 11d). The parameters of the models were better fitted to
the pseudo-second-order (R2 = 0.9521) than the pseudo-fist-order model (R2 = 0.9438),
which indicated the chemisorption was the dominant control step for the adsorption
process of Pb(II). k2 for Cu(II) was higher than that of Pb(II) and indicated that Cu(II)
was adsorbed at a faster adsorption rate, which was consistent with the time required for
reaching equilibrium.
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Compared with other adsorbents, the biggest advantage of TA as adsorbent is lower
costs, as shown in Table 4, several solid waste based low cost adsorbents have been used
for the removal of Cu(II) and Pb(II) in previous studies. In general, the removal capacity
of TA adsorbent for Cu(II) and Pb(II) compares favorably with those of other solid waste
based adsorbents under single metal ions batch conditions.
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Table 4. Comparison of adsorption capacity of Cu(II) and Pb(II) by TA and other adsorbents.

Adsorbents
qm (mg·g−1)

Reference
Cu(II) Sorbed Pb(II) Sorbed

Magnetic attapulgite composites 189.0 142.8 [33]
Novel geogolymers based on coal

gangue and red mud 90.0 137.7 [29]

Tetrazole-bonded bagasse 253.5 89.3 [34]
Zeolites prepared from CFA 57.8 109.9 [35]
Linde F(K) zeolite from CFA 18.5 46.5 [36]

Activated bentonite 9.7 21.3 [37]
TA-adsorbent 177.1 176.2 This study

3.2.5. Adsorption Thermodynamic

Thermodynamic analysis is a scientific theory to study the effect of temperature on
the adsorption process. In this study, the temperature range was 25 ◦C, 45 ◦C and 65 ◦C to
calculate thermodynamic parameters, actual indicators including Gibbs free energy (∆G0)
are deduced from Equations (11) and (12), similarly, the enthalpy (∆H0) and entropy (∆S0)
are calculated from the following Equation (13) (Van Hoff’s relation) and are summarized
in Table 5.

KC = qe/ce (11)

∆G0 = −RTlnKC (12)

lnKC = ∆S0/R− ∆H0/RT (13)

where qe represents the adsorption capacity of the adsorbent at equilibrium state; ce
represents the adsorption equilibrium concentration of metal ions in the solution. R is the
gas constant, and T is the temperature (K).

Table 5. Thermodynamic parameter of Cu(II) and Pb(II) adsorption by the obtained TA adsorbents.

Metal T
(K) Kc

∆G0
(kJ·mol−1)

∆H0
(KJ·mol−1)

∆S0
(J·mol−1·K−1)

R
(kJ·mol−1·K−1)

Cu(II)
298.15 0.171 4.368

−1.090 −9.047

8.3 × 10−3

318.15 0.156 4.906
338.15 0.144 5.439

Pb(II)
298.15 0.173 4.342

−2.760 −5.277318.15 0.155 4.923
338.15 0.132 5.683

Table 5 indicate that the values of ∆G0 for Cu(II) and Pb(II) at lower temperature are
slightly positive. It expresses that the adsorption process was simple but nonspontaneous
at lower temperature. The negative values of ∆H0 indicate that Cu(II) and Pb(II) adsorption
processes follow the exothermic reaction. Besides, the negative values of ∆S0 elucidate a
decrease in the degree of randomness of Cu(II) and Pb(II) at the solid adsorbate interface of
the TA adsorbent.

4. Conclusions

Using reside after extracting aluminum as raw material, we developed a low-cost
TA via hydrothermal process. The experiments were performed under various conditions
to determine optimal operation parameters and obtain well crystallized TA within 12 h
at 200 ◦C without addition of extra silica and calcium source. Moreover, synthesized
TA was employed to remove toxic substances (Cu(II) and Pb(II)) from wastewater. The
adsorption data was in good agreement with the Langmuir model, which indicated that
adsorption occurred in a homogeneous adsorption site via a monolayer reaction and
maximum adsorption obtained at capacity of 177.1 and 176.2 mg·g−1 for Cu(II) and Pb(II),
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respectively. The kinetic study showed that adsorption followed the pseudo-second-
order model, indicating a chemisorption process. Thermodynamic analysis showed the
adsorption of Cu(II) and Pb(II) by synthesized TA adsorbent is a nonspontaneous and
exothermic process. Therefore, the prepared TA adsorbent has potential application in
treatment of heavy metal pollutants. Furthermore, Excellent adsorption properties of
adsorbent are not only attribute required, its regeneration is a critical factor as well. For
this reason, the regeneration studies of TA adsorbent is a scientific problem worthy of
further attention.
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Abstract: Chemical-based coagulants and flocculants are commonly used in the coagulation–
flocculation process. However, the drawbacks of using these chemical materials have triggered
researchers to find natural materials to substitute or reduce the number of chemical-based coagulants
and flocculants. This study examines the potential application of Nephelium lappaceum seeds as a
natural coagulant–coagulant aid with Tin (IV) chloride (SnCl4) in eliminating suspended solids (SS),
colour, and chemical oxygen demand (COD) from landfill leachate. Results showed that the efficiency
of Nephelium lappaceum was low when used as the main coagulant in the standard jar test. When SnCl4
was applied as a single coagulant, as much as 98.4% of SS, 96.8% of colour and 82.0% of COD was
eliminated at an optimal dose of 10.5 g/L and pH 7. The higher removal efficiency of colour (88.8%)
was obtained when 8.40 g/L of SnCl4 was applied with a support of 3 g/L of Nephelium lappaceum.
When SnCl4 was utilised as a coagulant, and Nephelium lappaceum seed was used as a flocculant, the
removal of pollutants generally improved. Overall, this research showed that Nephelium lappaceum
seed is a viable natural alternative for treating landfill leachate as a coagulant aid.

Keywords: landfill leachate; coagulation–flocculation; Nephelium lappaceum; COD; solid waste

1. Introduction

Landfilling is a very famous, recognised, and effective method for municipal solid
waste management globally, owing to its low cost and simple operational mechanisms [1–3].
Landfill leachate is one of the major issues of landfilling method [3]. Leachate is usually
generated by water infiltration through the waste; hence, it often includes suspended or
dissolved solids from the disposed of materials. Generally, leachate is characterised in
terms of pH, total suspended solids (TSS), dissolved oxygen (DO), chemical oxygen de-
mand (COD), biological oxygen demand (BOD), total Kjeldahl nitrogen (TKN), ammonium
nitrogen (NH3-N), heavy metals, and others [4]. The composition of the leachate and the
standard effluent quality vary by landfill location and legislation. The composition of
leachate is affected by a number of parameters, including waste content, local meteoro-
logical conditions, landfill physicochemical conditions, and landfill age [5]. The structure
and characteristics of the leachate are the most important elements influencing treatment
method selection [6,7].

Biological treatment has proved its efficiency in treating different leachate types [8].
However, for old leachate with high COD and ammonium concentrations, numerous heavy
metals, and low biodegradability (high COD/ BOD ratio), the efficacy of this approach
did not show good removal results [9]. On the other hand, old leachate was found to be
removed better using chemical and physical methods as compared to young leachate [10,11].
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In general, it is easy to predict the quantity of long-term leachate; however, since the
precipitation affects the short-term leachate, it is difficult to predict its quantity [12].

Generally, at the early stages of leachate production from waste decomposition,
leachate has a large content of BOD5, biodegradable and non-biodegradable compounds
like volatile fatty acids [11]. However, the leachate from old landfills typically contains
a significant percentage of non-biodegradable compounds such as fulvic and humic-like
chemicals [13]. Furthermore, inorganic molecules such as NH3-N are produced by the
hydrolysis and fermentation of nitrogen-containing fractions of biodegradable waste sub-
strates in stabilised leachate formed from older landfills. [14]. When the waste is stabilised,
and leachate is collected and transported for treatment, washout influences the accumulat-
ing concentration of NH3 [15].

Physicochemical methods are commonly employed to pre-treat or polish the leachate.
Coagulation–flocculation is a well-known chemical technique for leachate pre-treatment [16].
This method is normally used to remove suspended particles and recalcitrant compounds
like humic acids, heavy metals, polychlorinated biphenyls (PCBs), and absorbable organic
halides from the leachate (AOX). The mechanism of the pre-treatment method primarily
entails charge neutralisation between the negative charge colloids and cationic hydrolysis
products, followed by impurity amalgamation by flocculation [17]. The main parameters
removed by this method are total suspended solids (TSS) and colloidal particles [18].

Several materials are used as coagulants and flocculants in the coagulation–flocculation
process, where inorganic metal salts are extensively used for this purpose. Excessive use
of these inorganic metal salts, on the other hand, may have negative impacts on the
environment and represent a health concern [19]. To lessen and remove the negative
impacts on living beings and the environment, natural coagulants/flocculants are critical
to be developed and applied for landfill leachate treatment.

Malaysia is a tropical country that has a wide variety of fruits. As a result, numerous
food companies make canned fruits to take advantage of the availability. In Malaysia and
Thailand, the Nephelium lappaceum canning industry is well-established, and it involves
the manufacture of Nephelium lappaceum fruits in syrup [20]. The Nephelium lappaceums
are deseeded during the canning process, and the seeds are generally discarded as waste
by-products. It is, therefore, beneficial to value add the application of the Nephelium
lappaceum seed from being just disposed of. Zurina et al. [20] used Nephelium lappaceum
seed polysaccharide as a natural coagulant to remove water turbidity. However, to the
author’s knowledge, no published research has specifically focused on the use of Nephelium
lappaceum seed as a natural coagulant or flocculant in the treatment of landfill leachate.

The main objective of this study was to scrutinise the effectiveness of using
Nephelium lappaceum seed as a natural coagulant in leachate treatment. Specifically,
Nephelium lappaceum seed was used in two states; where the first state involved the
Nephelium lappaceum seed as a sole coagulant, whereas the second state used the Nephelium
lappaceum seed as a flocculant associated with Tin (IV) chloride (SnCl4). The application of
Nephelium lappaceum seed combined with SnCl4 has not been used in leachate treatment to
date. The target parameters were suspended solids (SS), colour, and COD, which generally
present at high concentrations in many old landfill sites.

2. Materials and Methods
2.1. Sampling and Characterisation of Leachate

The case study leachate samples were taken from one of the old landfills in Malaysia,
i.e., the Alor Pongsu Landfill Site (APLS). APLS is one of the existing landfills in Malaysia
located in Bagan Serai, Perak, with coordinates of 5◦05′00.6′ ′ N 100◦35′53.1′ ′ E. APLS was
constructed in 2000 as an open dumping site and categorised as a stabilised and matured
landfill as it has been operating for more than 10 years [21]. The total area of APLS is
about 10 acres where it consists of a large dumping site and three leachate collection ponds.
These ponds are in an anaerobic condition which acts as raw collection ponds. Leachate
samples were collected six times within four consecutive months, starting from January
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2020 to April 2020. All procedures of sampling (grab method), storage, and preservation
of landfill leachate followed the Standard Methods for the Examination of Water and
Wastewater [22]. The pH, temperature, dissolved oxygen (DO), and total dissolved solids
(TDS) were analysed on-site using YSI 556-Probe System. All samples were transported to
the laboratory and maintained in a cool chamber at 4 ◦C for further use. This procedure
is to minimise any reaction, including chemical and biological reactions that may affect
leachate properties [2]. The COD, BOD5, NH3-N, colour, and SS were conducted in the
laboratory immediately upon arrival.

2.2. Extraction and Characterisation of Nephelium lappaceum Seed

Fresh Nephelium lappaceum fruits were bought from a roadside store at Kulim, Kedah,
Malaysia. The fruits were deseeded and washed using tap water before drying them in an
oven at a temperature of 105 ◦C for 10 to 15 min. This is to ensure easy peeling off of the
seed coat of Nephelium lappaceum seeds, thus preventing the increase of moisture content in
the seeds that may damage its natural content. The seeds were then crushed into powder
by using a domestic blender and kept in airtight containers until further use.

A 50 g package of Nephelium lappaceum seed powder was mixed with one litre of
distilled water to produce 50 g/L of Nephelium lappaceum seed stock solution. After that, the
mix solution was blended again for two minutes. The suspension was then filtered using
muslin cloth in a beaker to become the stock solution before being characterised in terms
of pH, zeta potential, molecular weight, particle size, surface morphology, and functional
groups. The molecular weight of Nephelium lappaceum seed was determined by using
Malvern Zetasizer Nano ZS. Surface morphology was conducted using ZEISS SUPRA
35VP Field Emission Scanning Electron. Meanwhile, determination of the functional
group of Nephelium lappaceum seed was conducted using Perkin-Elmer System 2000 FTIR
spectrometer. SnCl4 as the main coagulant was the analytical grade of pentahydrate,
SnCl4.5H2O with 98% purity grade, supplied by Telaga Madu Sdn. Bhd. Malaysia.

2.3. Coagulation–Flocculation Experiment

A jar test apparatus was used to conduct the coagulation–flocculation procedures.
The jar test device has six agitators together with 2.5 cm × 7.5 cm rectangular blades for
stirring and mixing. The velocity of the instrument and mixing duration were controlled
manually. Before the coagulation–flocculation process, samples of landfill leachate were
taken from the storage chamber and placed outside until they were conditioned to room
temperature. After that, the sample was agitated thoroughly to ensure uniform mixing. Six
1000 mL beakers were filled with 500 mL of agitated sample. The pH of the samples was
adjusted with 3 M HCl or 3 M NaOH until the desired pH was obtained. The desired pH
was determined according to the optimum dosage, as shown in the next section.

The coagulation–flocculation process involves three important stages: rapid mixing,
slow mixing, and settlement. A combination of fast mixing (100 rpm in 8 min), slow
mixing (30 rpm in 20 min), and a settlement for 30 min was used for the experiments using
Nephelium lappaceum seed as the main coagulant [23]. For the studies employing SnCl4
as coagulant without and with Nephelium lappaceum seed as flocculant, the rapid mixing
of 200 rpm in 1.5 min, slow mixing of 40 rpm in 20 min, and settlement for 20 min were
used [24]. The removal efficiencies of key parameters such as SS, colour, and COD in
landfill leachate samples were used to estimate the efficacy of the coagulation–flocculation
process. Equation (1) [25] was used to compute the removal efficiencies of each pollutant:

Removal (%) = [(Ci − Cf)/Ci] × 100 (1)

where Ci: is the initial concentration of the samples, Cf: is the final concentration of samples.

2.4. Determination of Optimum pH and Coagulant Dosage

Preliminary tests were carried out to obtain the pre-determined dosage and pH con-
ditions. A preliminary test for Nephelium lappaceum seed was carried out using various
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dosages (0.5–15 g/L) of Nephelium lappaceum on raw leachate, whereas for SnCl4, dosages
between 3.5 to 17.5 g/L were used. Then, the pre-determined dosages obtained were
applied in varied pH landfill leachate from 2 to 12 to determine the best pH value for
both Nephelium lappaceum seed and SnCl4. Together with this experiment, a pH control
experiment was also conducted by adjusting the pH of the sample without any coagulant.
This control process was carried out to ensure that the removal of the pollutant was not
made solely by acids or alkalis.

Once the optimum pH was determined, a new set of experiments were carried out
to determine the optimum dosages of Nephelium lappaceum seed using different dosages
varying from 0 (as a control) to 3 g/L. Meanwhile, different dosages of SnCl4 varying from
0 (as control) to 17.5 g/L have been applied to the samples with the optimum pH value
of SnCl4.

A jar test experiment was conducted to evaluate the use of SnCl4 as a coagulant in
conjunction with Nephelium lappaceum seed as a flocculant. These were undertaken at
different SnCl4 and Nephelium lappaceum seed dosages. Different dosages of SnCl4 were
used, ranging from 5.60 g/L to 8.75 g/L. For Nephelium lappaceum seed, the dosage was
from 0 g/L to 4 g/L. The same operating conditions for a jar test as before were applied.

3. Results and Discussion
3.1. Landfill Leachate Compositions

Table 1 shows the main characteristics of the raw leachate of APLS. The leachate has a
temperature in the range of 26.48 ◦C to 32.07 ◦C with an average of 29.47 ◦C, which is within
the permissible limit of below 40 ◦C as stated by the Malaysia Environmental Quality Act
1974. The leachate has a pH of 8.04 to 8.90, with an average of pH 8.59. This represents
an old type of leachate. A young landfill (up to 5 years) has a pH from 3.7 to 6.5, whereas
matured landfill has a pH higher than 7. This is because young landfill leachate contains
carboxylic acid and bicarbonate ions that contribute to the low pH [26]. The concentration
of the dissolved oxygen was between 2.14 and 4.38 mg/L with an average of 3.17 mg/L.
The amount of DO in landfill leachate is usually low due to the various chemical pollutants
as well as the high temperature that may restrain the concentration of oxygen in the landfill
leachate [27]. COD value was between 2532 and 4215 mg/L with an average of 3440 mg/L.
This far exceeded the standard discharge limit of 400 mg/L [22]. COD level in APLS landfill
leachate was slightly lower than that of the previous study [28]. This is due to numerous
factors that may affect the COD level of the landfill leachate, like; landfill age, the solid
waste compositions, site characteristics, and climate conditions [29]. Besides that, APLS is a
matured and stabilised landfill as the leachate contains a higher COD level, which is below
4000 mg/L [21]. BOD5 of landfill leachate from APLS ranged from 160 to 333 mg/L with
an average of 241 mg/L., also exceeding the standard discharge limit of 20 mg/L. It can be
concluded that the APLS is a stabilised landfill site as the BOD5 is less than 4000 mg/L [30].
The BOD5/COD ratio in leachate was about 0.070 within the range of 0.057 to 0.080. In
general, a mature and stabilised landfill has a lower fraction of BOD5/COD, which is less
than 0.1 due to the lower biodegradable fraction of organic pollutants in mature landfill
leachate [21]. The low BOD5/COD ratio indicates that it would be difficult to treat the
leachate using a biological process. NH3-N in APLS leachate was in the range of 1040 to
1357 mg/L and is slightly lower than the previous work [31]. The SS ranged from 350 to
604 mg/L and fell within the range of mature leachate. The leachate is negatively charged
with a zeta potential reading of −21.5 mV; hence the majority of particles in leachate have
the tendency to repel each other. Therefore, a coagulant with zeta potential higher than
+21 mV is needed to neutralise the charges of particles in leachate and aggregate them into
large flocs [12]. A recent study by Ramli et al. [32] showed similar results for the leachate
characteristics. Figure 1 shows the particle size distribution of the leachate sample.
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Table 1. Alor Pongsu Landfill Site (APLS) raw leachate characteristics.

Parameter Min Max Average * Permissible Limit

Temperature (◦C) 26.48 32.07 29.47 40

pH 8.04 8.90 8.59 6.0–9.0

Total Dissolved Solids (g/L) 8.532 9.950 9.440

Dissolved Oxygen (mg/L) 2.14 4.38 3.17

BOD5 (mg/L) 160 333 241 20

COD (mg/L) 2533 4215 3440 400

Ratio BOD5/COD 0.057 0.080 0.070

Suspended Solids (mg/L) 350 604 469 50

Colour (PtCo) 13750 18733 16829 100

NH3-N 1040 1357 1227 5

Zeta Potential (mV) −22.4 −20.7 −21.5
* Average value for six samples taken from January to April 2020.
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3.2. Characteristic of Nephelium lappaceum Seeds

Nephelium lappaceum seed has an acidic condition (ranging between 3.56 and 5.36) with
an average pH of 4.45 ± 0.71. Generally, Nephelium lappaceum is an acidic fruit. According
to Arenas et al. [33], Nephelium lappaceum has a pH range from 4.6 to 5.5, of which the pH
was similar to its seed. The Zeta potential of Nephelium lappaceum seed was recorded to
be about 5.46 ± 0.615 mV at its natural pH. By knowing its zeta potential, the Nephelium
lappaceum seed is a cationic coagulant which means that it has a positively charged particle
surface. Figure 2 shows the particle size distribution of Nephelium lappaceum.

The molecular weight of Nephelium lappaceum seed was measured at 3850 kDa. It was
slightly higher if compared to Longan seed, where its molecular weight was 3280 kDa [16].
The increase in molecular weight of the coagulant, according to Ebeling et al. [34], encour-
ages more particles to adhere to each other by providing extended branches and channels,
resulting in larger flocs in the coagulation–flocculation process. Nevertheless, different
coagulants may have their own coagulation–flocculation behaviour despite their high
molecular weight [6].

The functional group of Nephelium lappaceum seed was determined using an FTIR
Spectrometer, and the results are given in Figure 3 and Table 2. It is shown that Nephelium
lappaceum seed contains many functional groups such as alcohol (O-H), amide (N-H), and
carboxylic groups (C=O). However, only certain functional groups play an important role
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in coagulation–flocculation processes. According to Zafar et al. [35], natural coagulant
neutralises the particle charges and aggregates flocs through bridging mechanisms by bio-
polymers such as polysaccharides which can be found naturally in fruits and vegetables.
Polysaccharides are one of the carbohydrate subgroups that contain carbon, hydrogen, and
oxygen [36]. Furthermore, Aziz and Sobri [37] reported that carboxyl (C=O), hydroxyl
(O-H), and amino (amine or amide) grouped together with polymeric chains have the
capability to enhance flocculation through bridging. From the results, the content of (O-H),
amide (N-H), and carboxylic groups (C=O) in Nephelium lappaceum seed are expected to
serve as ion bridge or binding sites in coagulation–flocculation processes.
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Figure 2. Particle size of Nephelium lappaceum seeds.
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Figure 3. FTIR spectra of Nephelium lappaceum seed.

Table 2. Functional groups of Nephelium lappaceum seed.

Wavelength (cm−1) Wavenumber Range Intensity Bond Group Vibration Functional Group

3585 3700–3584 Medium O–H Stretching Alcohol

3564 3700–3500 Medium N–H Stretching Amide

3544 3550–3200 Strong O–H Stretching Alcohol

3367 3400–3300 Medium N–H Stretching Aliphatic primary amine

3307 3300–2500 Strong O–H Stretching Carboxylic acid
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Table 2. Cont.

Wavelength (cm−1) Wavenumber Range Intensity Bond Group Vibration Functional Group

3004
3000–2800 Strong N–H Stretching Amine salt

3100–3000 Medium C–H Stretching Alkene

2917 3000–2800 Strong N–H Stretching Amine salt

2850 3000–2840 Medium C–H Stretching Alkane

2307 2280–2440 Medium P–H Stretching Phosphine

1735 1750–1735 Strong C=O Stretching δ–lactone

1712

1725–1705 Strong C=O Stretching Aliphatic ketone

1720–1706 Strong C=O Stretching Carboxylic acid

1650–1580 Medium N–H Bending Amine

1650–1566 Medium C=C Stretching Cyclic alkene

1506 1550–1500 Strong N–O Stretching Nitro compound

1471 1400–1480 Strong C–O Stretching Methylene

1416
1440–1395 Medium O–H Bending Carboxylic acid

1420–1330 Medium O–H Bending Alcohol

1384

1415–1380 Strong S=O Stretching Sulfate

1410–1380 Strong S=O Stretching Sulfonyl chloride

1400–1000 Strong C–F Stretching Fluoro compound

1249
1342–1266 Strong C–N Stretching Aromatic amine

1250–1020 Medium C–N Stretching Amine

1209

1275–1200 Strong C–O Stretching Alkyl aryl ether

1225–1200 Strong C–O Stretching Vinyl ether

1210–1163 Strong C–O Stretching Ester

1155

1170–1155 Strong S=O Stretching Sulphonamide

1165–1150 Strong S=O Stretching Sulfonic acid

1160–1120 Strong S=O Stretching Sulfone

1205–1124 Strong C–O Stretching Tertiary alcohol

1078 1085–1050 Strong C–O Stretching Primary alcohol

1022 1050–1040 Strong CO–O–CO Stretching Anhydride

861
880 ± 20 Strong C–H Bending 1,2,4—trisubstituted

880 ± 20 Strong C–H Bending 1,3—disubstituted

762

850–550 Strong C–Cl Stretching Halo compound

780 ± 20 Strong C–H Bending 1,2,3—trisubstituted

755 ± 20 Strong C–H Bending 1,2—disubstituted

750 ± 20 Strong C–H Bending Monosubstituted
benzene derivative

718 730–665 Strong C=C Bending Alkene

601
850–550 Strong C–C Stretching Halo compound

690–515 Strong C–Br Stretching Halo compound

574 850–550 Strong C–Cl Stretching Halo compound

534
850–550 Strong C–Cl Stretching Halo compound

600–500 Strong C–I Stretching Halo compound
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The surface morphology of Nephelium lappaceum seed is shown in Figure 4. Accord-
ing to FESEM micrographs, it can be seen that the Nephelium lappaceum seed surface has
non-porous traits and mostly appears to be in globular shape. The surface morphology of
Nephelium lappaceum seed appears similar to the Cassava peel, whereby it is smooth and
globular in shape that covers the surface of Cassava peel [38]. It appears that most of the
surfaces that contain starch are globular in shape due to the starch granules. Polysaccha-
rides in the Nephelium lappaceum seed usually can be hydrolysed to hexose component,
which is also known as starch. Moreover, Nephelium lappaceum seed has traces of alkaloids,
sugar (1.25%), starch (25%), and ash (2%). Starch is considered as one of the biopolymers
that are needed in coagulation–flocculation as it comprises a mixture of two polymers of
anhydrous glucose units and amylopectin. These biopolymers can enhance the mecha-
nism of adsorption, charge neutralisation, as well as perform inter-particle bridging in
coagulation–flocculation.
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3.3. Zeta Potential and Particle Size

According to Omar et al. [39], pH affects the zeta potential and aggregation of particles.
For this, the zeta potential and particle size of leachate and Nephelium lappaceum seed
solution were studied throughout a pH range of 2 to 12. Figure 5 shows the zeta potential
of leachate, which was decreased from −9.53 mV to −29.5 mV as pH increased from pH 2
to 12, respectively. This trend indicates that landfill leachate was completely affected by
pH. This observation is possibly due to the swift ionisation of both OH− and H+ on the
surface of particle size when the leachate pH was adjusted using acid (HCl) and alkali
(NaOH) [39]. At pH 8, the zeta potential was about −22.4 ± 1.95 mV, and this signified
that the particle surface of leachate was naturally negatively charged. Thus, to neutralise
the leachate surface charge, a positively charged coagulant with almost the same value as
leachate particles was needed, and thus, the coagulation–flocculation process will then be
highly effective [40,41].
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Figure 6 shows the relationship between the particle size of leachate and pH. Similar
to zeta potential, leachate particle size also dropped as the pH increased. However, when
the landfill leachate was added with 0.5 M NaOH in order to increase the pH from pH 8
to pH 12, the particle size subsequently decreased from 228.1 to 207.1 d.nm. According to
Cao, et al. [39], the reaction of negatively charged ion, OH− from NaOH, has interfered
with the destabilisation of particles in the leachate by repelling each other and thus, made
it impossible to form larger flocs. The particle size of landfill leachate increased from
228.1 d.nm to 9520 d.nm when the pH of the leachate was altered to lower pHs, which
varied from pH 8 to pH 2. This is most likely due to the fact that when the solution was
acidic, the density of H+ hydrolysates was extremely high, thus, dominate the charge
neutralisation of the particles and forming a larger floc [39].

Kruszewski and Cyrankiewicz [42] stated that the aggregating agents (KCl or HCl)
caused a substantial increase in particle size intensity as chloride was presented in these
aggregating agents, which is capable of promoting the aggregation process and thus en-
hancing the flocculation process. Hence, when the pH of leachate increased, the particle
size also increased. Characterisation of Nephelium lappaceum seed in terms of zeta potential
and particle size as a function of pH were performed to evaluate the suitability of Nephelium
lappaceum seed to be used as a natural coagulant. The association between pH and zeta po-
tential, as well as particle size of Nephelium lappaceum seed, are depicted in Figures 1 and 2,
respectively. It can be seen that the trend of zeta potential of Nephelium lappaceum seed
was also decreased as pH increased, which was identical to the behaviour of the leachate
zeta potential trend. Between pH 2 to pH 6, the zeta potential of Nephelium lappaceum
seed was observed to be in the positively charged surface, which was between 10.47 to
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0.20 mV, respectively, and it was near to the point of zero charges (PZC). With a further
increase of pH, which was from pH 7 to pH 12, the zeta potential decreased drastically
from −8.00 to −20.1 mV. This signifies that Nephelium lappaceum seed became negatively
charged surface after pH 6. During the coagulation–flocculation process, neutralisation of
negatively charged surface of landfill leachate required positively charged coagulant.

Int. J. Environ. Res. Public Health 2021, 18, x FOR PEER REVIEW 10 of 18 
 

 

 
Figure 6. pH effect on particle size of leachate. 

Kruszewski and Cyrankiewicz [42] stated that the aggregating agents (KCl or HCl) 
caused a substantial increase in particle size intensity as chloride was presented in these 
aggregating agents, which is capable of promoting the aggregation process and thus en-
hancing the flocculation process. Hence, when the pH of leachate increased, the particle 
size also increased. Characterisation of Nephelium lappaceum seed in terms of zeta potential 
and particle size as a function of pH were performed to evaluate the suitability of Nephe-
lium lappaceum seed to be used as a natural coagulant. The association between pH and 
zeta potential, as well as particle size of Nephelium lappaceum seed, are depicted in Figures 
1 and 2, respectively. It can be seen that the trend of zeta potential of Nephelium lappaceum 
seed was also decreased as pH increased, which was identical to the behaviour of the 
leachate zeta potential trend. Between pH 2 to pH 6, the zeta potential of Nephelium lap-
paceum seed was observed to be in the positively charged surface, which was between 
10.47 to 0.20 mV, respectively, and it was near to the point of zero charges (PZC). With a 
further increase of pH, which was from pH 7 to pH 12, the zeta potential decreased dras-
tically from −8.00 to −20.1 mV. This signifies that Nephelium lappaceum seed became nega-
tively charged surface after pH 6. During the coagulation–flocculation process, neutrali-
sation of negatively charged surface of landfill leachate required positively charged coag-
ulant.  

The trend of Nephelium lappaceum seed particle size with respect to pH was opposite 
to landfill leachate particles size. Overall, the particle size of Nephelim lappaceum seed 
increased as the pH increased. However, at pH 2 to 5, the Nephelium lappaceum seed parti-
cle size decreased from 260.0 to 162.7 d.nm. This might be due to the fact that some nega-
tively charged surface in the solution attracted with the positively charged ions that were 
hydrolysed from HCl acid [42], which was added in the Nephelium lappaceum solution to 
decrease the pH and thus, this had promoted the flocculation of particles. Furthermore, 
when pH increased from its natural pH until pH 12, the particle size was observed to 
increase from 162.7 to 2690 d.nm. Supposedly, the particles would scatter when NaOH 
was added into the sample due to the negatively charged ions of OH-. However, in Neph-
elium lappaceum seed with a natural positively charged surface, it would promote aggre-
gation as NaOH has strong OH-ions that would help to form the inter-bridge between 
particles [43]. Based on the results of zeta potential and particle size of Nephelium lap-
paceum seed solution, it can be concluded that it is wise to choose Nephelium lappaceum 
seed at pH less than 6 because when the pH is high (pH 7–12), the Nephelium lappaceum 
seed has negatively charged surface and large particle size. This will affect the coagula-
tion–flocculation process as the negatively charged surface of Nephelium lappaceum seed 
will repel the negatively charged surface of landfill leachate. 

  

Figure 6. pH effect on particle size of leachate.

The trend of Nephelium lappaceum seed particle size with respect to pH was opposite
to landfill leachate particles size. Overall, the particle size of Nephelim lappaceum seed
increased as the pH increased. However, at pH 2 to 5, the Nephelium lappaceum seed
particle size decreased from 260.0 to 162.7 d.nm. This might be due to the fact that some
negatively charged surface in the solution attracted with the positively charged ions that
were hydrolysed from HCl acid [42], which was added in the Nephelium lappaceum solution
to decrease the pH and thus, this had promoted the flocculation of particles. Furthermore,
when pH increased from its natural pH until pH 12, the particle size was observed to
increase from 162.7 to 2690 d.nm. Supposedly, the particles would scatter when NaOH was
added into the sample due to the negatively charged ions of OH-. However, in Nephelium
lappaceum seed with a natural positively charged surface, it would promote aggregation as
NaOH has strong OH-ions that would help to form the inter-bridge between particles [43].
Based on the results of zeta potential and particle size of Nephelium lappaceum seed solution,
it can be concluded that it is wise to choose Nephelium lappaceum seed at pH less than
6 because when the pH is high (pH 7–12), the Nephelium lappaceum seed has negatively
charged surface and large particle size. This will affect the coagulation–flocculation process
as the negatively charged surface of Nephelium lappaceum seed will repel the negatively
charged surface of landfill leachate.

3.4. Optimum Operating Conditions of Nephelium lappaceum Seed as a Sole Coagulant
3.4.1. Optimum pH

The effect of pH of Nephelium lappaceum seed as a natural coagulant in the coagulation–
flocculation process was evaluated. A preliminary test was carried out first on raw leachate
by using different dosages (0.5–15 g/L) of Nephelium lappaceum seed to find the pre-
determined dosage used in determining the optimum pH of Nephelium lappaceum seed.
Figure 7 demonstrates the effect of varying pH on the coagulation–flocculation process
using a pre-determined dose of Nephelium lappaceum seed (1.5 g/L) and a pre-determined
dosage of Nephelium lappaceum seed (1.5 g/L). At pH 2, the removal efficiency of SS, colour,
and COD was 96.4%, 90.3%, and 56.4%, respectively. According to Bruice [43], acids are
substances that can transfer a proton to a base and are known as proton donors. Therefore,
at lower pH, a high concentration of H+ due to the hydrolysation of HCl has neutralised
negatively charged particles in the landfill leachate. The charge neutralisation and com-
plex reaction in the process were dominated by hydrogen ions from HCl, and hence, the
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suspension, together with pollutants, began to flocculate [44]. Beyond pH 4, the removals
of all parameters were fairly low (less than 30%). This could be explained by the fact that
Nephelium lappaceum seed naturally has a milky colour. Beyond pH 3, Nephelium lappaceum
seeds also lose the effectiveness to remove SS. This observation could be explained by the
fact that the Nephelium lappaceum seed solution has a large particle size and higher SS in
the solution, and thus, this has added the quantity of SS in leachate. In conclusion, the
Nephelium lappaceum was ineffective when used as the sole coagulant. Nonetheless, pH 6
was observed to be better for all the parameters. In conclusion, the best and optimum pH
value for Nephelium lappaceum seed to remove SS, colour, and COD was at pH 6 whereby it
removed 19.2% COD and 21.8% colour. Table 3 shows a comparison of previous studies
that used natural coagulants in landfill leachate treatment with the current studies.
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Table 3. Comparison of previous and current studies for best pH values of various natural coagulant.

Natural Coagulant Optimum pH
Pollutant Removal Rate (%)

Reference
SS Colour COD

Commercial sago starch (CSS) 4 29.5 15.1 28.0 [37]
Chitosan 4 - 14.7 - [32]

Durian seed starch 6 - 34.0 - [45]
Tamarindus indica seed (TiS) 4 - 30.2 7.5 [46]

Longan seed 4 - 10.3 5.2 [19]
Nephelium lappaceum seed 6 - 21.8 19.2 Current Study

The bold is to show the results of the current study.

3.4.2. Optimum Dosage

After the optimum pH value was obtained, the optimum dosage of Nephelium lap-
paceum seed was determined. In this study, various dosages of Nephelium lappaceum seed
within the range of 0 to 3 g/L were employed to attain the optimum dosage at optimum
pH value, which was pH 6 that was determined earlier. Figure 8 depicts the removal effec-
tiveness for all the parameters. The results demonstrated that COD was the best pollutant
removed (35% reduction at 2 g/L) by Nephelium lappaceum seed compared to others. The
overall performance of Nephelium lappaceum seed alone as a coagulant was considered to
be fairly low for all the pollutants. In summary, COD and colour removal were at their
maximum performance at dosage 2 g/L, but Nephelium lappaceum seed could not remove
SS from landfill leachate at this dosage, although it could remove 5.6% of SS at dosage
1 g/L. Therefore, the best and optimum dosage of Nephelium lappaceum seed to remove the
pollutants from landfill leachate was at dosage 2 g/L. Table 4 displays the comparison of
Nephelium lappaceum seed with other natural coagulants from previous studies.
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Table 4. Comparison of optimum dosage of Nephelium lappaceum with other natural coagulants from
previous studies.

Natural Coagulant. Optimum Dosage (g/L)
Pollutant Removal Rate (%)

Source
SS Colour COD

Commercial sago starch 6 29.5 15.1 28 [37]
Chitosan 0.06 - 14.7 - [32]

Durian seed starch 4 - 34 - [45]
Tamarindus indica seed 5.00 - 41.90 5.90 [46]

Longan seed 2.00 29.5 15.10 28.00 [19]
Nephelium lappaceum seed 2.00 - 19.48 35.62 Current Study

The bold is to show the results of the current study.

From the comparison above, it can be seen that Nephelium lappaceum seed has the same
dosage as Longan seed in removing pollutants, i.e., SS, colour, and COD effectively with
medium dosage, whereas other coagulants such as commercial sago starch, durian seed
starch, and Tamarindus indica seed needs slightly higher dosages. Nevertheless, among
all-natural coagulants, Nephelium lappaceum seed demonstrates the best COD removal in
landfill leachate. This is probably due to its positive zeta potential, as well as the presence
of biopolymer in the seed that may enhance the inter-particles bridging between the seed
and landfill leachate that ensures excellent removal of COD excellently.

3.5. Optimum Operating Conditions of SnCl4 a Sole Coagulant
3.5.1. Optimum pH

The effectiveness of SnCl4 at different pH was investigated with the same procedures
as before. Various dosages of SnCl4 (3.5–17.5 g/L) were examined. The pre-determined
dosage of SnCl4, which was 10.5 g/L was employed at a broad range of landfill leachate
pH from 2–12. Based on the results, the highest removal of SS, colour, and COD was noted
at pH 7, whereby it removed 98.4% of SS, 96.8% of colour, and 8.0% of COD. According
to Coffman [47], inorganic metal salts were normally found between pH 5 to 7. Yong and
Aziz [46] found out that the optimum pH of PAC was pH 6, and Coffman [47] found that
the optimum pH for titanium dioxide (TiO2) was pH 5 for landfill leachate treatment.
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3.5.2. Optimum Dosage

After obtaining the optimum pH value for SnCl4, the dosage of SnCl4 was then
determined by using various dosages of SnCl4 within the range of 0 to 17.50 g/L, and the
results are presented in Figure 9. The removals for all the pollutants sharply increased
from low dosages until they reached a steady state with 98%, 85% and 83% reductions
of SS, colour and COD, respectively, at 10.5 g/L SnCl4. Beyond this point, the removals
dropped slightly. This is due to charge reversal, re-dispersal, and re-stabilisation of colloidal
particles [43–45] and the overdosage phenomenon where the SnCl4 would cause the particle
to re-disperse.
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3.6. Performance of SnCl4 as a Coagulant and Nephelium lappaceum Seeds as a Flocculant

SnCl4 was used as a coagulant in this study, with the help of Nephelium lappaceum as
a flocculant/coagulant aid. At the same time, the potential of Nephelium lappaceum seed
assisting in reducing the coagulant dosages was also tested at a reducing rate from 8.75 g/L
to 1.0 g/L of SnCl4. The efficiency of SnCl4 as a coagulant and Nephelium lappaceum seed as
a flocculant was compared to the optimum and best dosage of SnCl4 as a sole coagulant,
which was 10.50 g/L.

Figure 10a illustrates the colour removal efficiency. At 8.40 g/L of SnCl4 and 3 g/L
of Nephelium lappaceum the removal for colour was about 89%. This is just slightly lower
than 92% reduction when SnCl4 was used alone at higher concentrations (10.5 g/L). Not
much significant difference was noted for SS (Figure 10b), where nearly 90% reduction was
observed compared with 96% when SnCl4 was used alone. A slight reduction was due to
the fact that Nephelium lappaceum seed particles are large in size [48,49], which renders them
less effective in removing SS from landfill leachate [50]. Moreover, as discussed earlier,
Nephelium lappaceum seed becomes negatively charged after pH 6. This might affect the
particles charge neutralisation. Therefore, the removal of SS from landfill leachate mostly
depended on SnCl4. Further lowering of SnCl4 dosages would only cause deterioration in
treatment performance [51].

However, for the case of COD (Figure 10c), the performance of Nephelium lappaceum
as coagulant aid was not so significant. The removal with and without Nephelium lap-
paceum was 76% and 89%, respectively. Generally, introducing Nephelium lappaceum seed
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as a flocculant with increasing dosage resulted in further reduction of COD removal effi-
ciency [52]. This is because Nephelium lappaceum is an organic matter that contributes to the
COD readings.
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4. Conclusions

In this study, Nephelium lappaceum seeds were used as an alternative coagulant for
leachate treatment and compared with Nephelium lappaceum seeds as a flocculant associated
with Tin (IV) chloride (SnCl4) as a main coagulant to remove suspended solids (SS), colour,
and COD from landfill leachate. Results showed that Nephelium lappaceum was not effective
when it was used as a sole coagulant. The best-operating conditions in terms of pH and
dosage were found at pH 6 and 2 g/L, respectively. The removal of colour and COD were
19.5% and 35.7%, respectively. At pH 7, 10.5 g/L of SnCl4 exhibited a good performance as
a sole coagulant with 98%, 85%, and 63% reductions respectively for SS, colour and COD.
At 8.40 g/L of SnCl4 and 3 g/L of Nephelium lappaceum as flocculant, the removal for colour
was about 89%, just slightly lower than 92% reduction when SnCl4 was used alone. No
significant difference was noted for SS where nearly 90% reduction was observed compared
with 96% when SnCl4 was used alone. However, Nephelium lappaceum as coagulant aid was
not so significant for COD. With further investigations and optimisation work, Nephelium
lappaceum could be a potential option to be an alternative to metal salt coagulant in treating
landfill leachate.
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Abstract: The present study was focused on the identification of multi-resistant bacteria from the
WHO priority pathogens list in the samples taken from different stages of the full-scale municipal
wastewater treatment plant and receiving water. Additionally, the seasonal variations of the selected
multi-resistant pathogens were analyzed in the samples. In order to the aim of the study, the
metagenomic DNA from the collected samples was isolated and sequenced. The samples were
collected in three campaigns (spring, summer, autumn). Metagenomic DNA was isolated by the
commercial kits, according to the manufacturer’s instruction. Illumina sequencing system was
employed, and the R program was used to metagenomic analysis. It was found that the wastewater
samples and receiving water contained the multi-resistant bacteria from the WHO priority pathogens
list. The seasonal and technological variations affected the distribution of the pathogens in the
wastewater. No effect of the effluent on the pathogens in the receiving water was observed. The
results indicated that antibiotic-resistant “priority pathogens” from the WHO list are there in the
waste- and receiving water. Technological process and seasons effected their distribution in the
environment. Metagenomic analysis can be used as sufficient tool in microbiological and human
health risk assessment.

Keywords: wastewater; multi-antibiotic resistant pathogens; WHO priority pathogens list; metagenome
analysis

1. Introduction

Hundreds of antibiotics have been discovered or developed over 70 years, starting
their huge application in medicine, veterinary, and agriculture [1,2]. Due to unmonitored
and overuse of antibiotics, antimicrobial resistance (AMR) has been recognized by WHO
as a major threat to global health [3,4]. The main reasons of AMR increase are the growth
of various microbial infections, as well as the overuse and over-prescription of antimi-
crobials [5]. Human activities are mainly responsible for high levels and prevalence of
antimicrobial resistance, which is now considered a modern phenomenon [6,7]. As calcu-
lated, around 10 million deaths are suspected by 2050 to occur annually due to AMR, and
the cost of the situation is estimated ~US $100 trillion in total [8].

Among the anthropogenic sources, effluents from urban wastewater treatment plants
(WWTPs) are suspected to be the main source of antibiotics resistance [9]. In recent years,
wastewater plants were considered “hot spots” not only for antibiotic resistance but also
for bacterial pathogens [10–14]. In addition, WWTPs are places where human activities and
the environment are linked, and the horizontal transfer of resistance determinants among
environmental microorganisms and clinically relevant pathogens is facilitated.
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Many new techniques in treatment plants (biological, chemical, and physical) or their
combinations have been now adopted to remove microbes from wastewater [15]. Despite
the new approaches used, the pathogenic microbes exist in treated wastewater, and they
are still considered a potential hazard to human health and the environment [16–18]. At
present, biological indicators, such as the total coliforms, fecal coliforms, and Escherichia
coli, are used to assess the quality of water and evaluate potential health risks, neglecting
the problem of multi-antimicrobial resistance and multi-resistant pathogens [19].

WHO has developed a priority pathogens list (PPL) of antibiotic-resistant bacteria that
pose the greatest threat to human health [20]. The PPL defines the priority of 12 pathogens,
based on resistance to the most popular and widely applicable antibiotics for treating multi-
drug resistant bacteria, such as carbapenems, third-generation cephalosporins, vancomycin,
methicillin, penicillins, or fluoroquinolones. Twelve multi-resistant bacteria, posing the
greatest threat to human health, are categorized to three priority tiers: critical, high, and
medium, in terms of their resistance to the selected antimicrobials [21]. The pathogens are
listed in Table 1 by group and antibiotic resistance characteristics.

Table 1. WHO priority pathogens list.

Categories Bacteria Antibiotic-Resistance

Priority 1: Critical
Acinetobacter baumannii Carbapenem-resistant
Pseudomonas aeruginosa Carbapenem-resistant

Enterobacteriaceae Carbapenem-resistant,
ESBL-producing

Priority 2: High

Enterococcus faecium Vancomycin-resistant

Staphylococcus aureus Methicillin-resistant,
vancomycin-resistant

Helicobacter pylori Clarithromycin-resistant
Campylobacter spp. Fluoroquinolone-resistant
Salmonella spp. Fluoroquinolone-resistant

Neisseria gonorrhoeae Cephalosporin-resistant,
fluoroquinolone-resistant

Priority 3: Medium
Streptococcus pneumoniae Penicillin-non-susceptible
Haemophilus influenzae Ampicillin-resistant
Shigella spp. Fluoroquinolone-resistant

In this context, the purpose of this study was to identify the multi-resistant bacteria
from the WHO priority pathogens list in the samples taken from different wastewater treat-
ment unit processes and receiver surface water. Additionally, the seasonal variations of the
selected pathogens were analyzed in the samples. Our intention was to answer the question
of whether, and how, the technological process and seasons affected the distribution of
pathogens. This research may help us in understanding the dissemination of pathogenic
bacteria, in terms of their significance as microbiological indicators in microbiological risk
assessment (MRA). In the future, the results could be useful in developing appropriate
treatment systems and their proper management.

2. Materials and Methods
2.1. Description of WWTP and Sample Collection

The samples were collected in three seasons: summer (June 2018), autumn (November
2018), and spring (March 2019) from the full-scale municipal wastewater treatment plant
in the south part of Poland (50◦5′35.881 N; 19◦3′32.202 E). The detailed description of
technological process of WWTP was presented by Rolbiecki et al. [22]. In Table 2, some
technological parameters are presented.
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Table 2. Some technological parameters of wastewater treatment plant and meteorological indicators.

Technological Parameters * Unit Wastewater June
2018

Autumn
2018

March
2019

Flow m3/month 960,077 722,516 793,234
Temperature ◦C Influent 19.5 10.5 14.5

Effluent 21 19 13.5
pH Effluent 7.2 7.2 7.2
COD mg/L Influent 963 672 970

Effluent 36.5 30.5 35.0
BOD5 mg/L Influent 435 290 340

Effluent 4.8 4.7 6.0
Suspension mg/L Influent 525 310 455

Effluent 5.8 6.3 7.2
NTOT mg/L Influent 106.1 78.1 84.2

Effluent 10.4 7.9 6.2
NNH4+ mg/L Influent 32.25 48.90 56.90

Effluent 0.36 0.22 0.31
PTOT mg/L Influent 8.88 14.9 11.4

Effluent 0.74 1.1 0.5
SRT d 17 19 20
HRT h 9 9 9
SS kg/m3 4.5 5.0 5.5
Meterological parameters *

Temperature ◦C 20.4 4.5 6.1
Rainfall mm 71 14 59

* Monthly average; abbreviations: HRT—hydraulic retention time; SS—suspended solids; SRT—solid reten-
tion time.

During the sampling campaigns, 30 grab samples were collected in the sampling points
presented in Figure 1. The sampling and transportation procedures used are described by
Rolbiecki et al. [22] and Płaza et al. [23].
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2.2. DNA Extraction and Illumina Sequencing

The wastewater samples were filtered in triplicate through a 0.22 µm micropore
membrane (Whatman, Merck, Germany) and kept at −80 ◦C until DNA extraction. The
Power Water kit (MoBio Laboratories Inc., Carlsbad, CA, USA) was used for isolation of
metagenomic DNA (met DNA) from wastewater and river waters. Metagenomic DNA (met
DNA) from sewage sludge samples was isolated by the Power Soil kit (MoBio Laboratories
Inc., Carlsbad, CA, USA). All isolations were performed according to the manufacturer’s
instruction. Quantity and quality of metDNA were determined by microspectrophotometry
(BioSpectrometer, Eppendorf, Hamburg, Germany).

Extracted DNA samples were sent to Macrogen Inc. (Seoul, Korea) for library prepara-
tion and sequencing. An Illumina HiSeq sequencing system was used for sequencing.

2.3. Data Analysis

Sequencing results were uploaded to the MetaGenome Rapid Annotation Subsystems
Technology (MG-RAST version 4.0.3) server as FASTQ files for analysis [24]. Details of the
metagenomic analysis are presented in the paper by Płaza et al. [23]. The sequences were
submitted to NCBI database, and they are under BioProject number ID: PRJNA666519.

Statistical analysis, in the form of PCA and Spearman rank correlation, were performed
using Statistica v.13.3.

3. Results

In this paper, the technological and seasonal changes of antibiotic resistant priority
pathogens from the WHO list were evaluated. Bacteria from the WHO priority pathogens
list constituted from 2.15% of relative abundance of total identified bacteria in spring to
3.44% and 3.26% in autumn and summer, respectively. Twelve WHO priority pathogens
were detected in all wastewater samples and the receiving surface water. The most abun-
dant were pathogens belonging to priority 1, e.g., critical level in the waste- and receiving
water. The dominant group of bacteria, from the WHO priority pathogens list, was En-
terobacteriaceae. The average values of Enterobacteriaceae in all samples were 36.3%, 34.5%,
and 23.7% in summer, autumn, and spring, respectively. E. coli and Klebsiella pneumo-
niae dominated in Enterobacteriaceae. The second most frequently isolated pathogen was
Acinetobacter baumannii. The percentages of the bacteria were 18.6%, 17.5%, and 16.7% in
summer, autumn, and spring, respectively. The third most frequently isolated pathogen
was Pseudomonas aeruginosa. Among the rest of bacteria Campylobacter belonged to class of
priority 2 (high), which was the most numerous.

The revealed information on the changes of the pathogens in the different technological
steps and seasons is summarized in Figure 2. In Figure 3, changes in the Enterobacteriaceae
family are presented. The distribution of all dominant species varied greatly in different
seasons and technological steps. Treated wastewater did not have a significant influence
on the structure and distribution of pathogens in the downstream surface water. In the
Figure 4 the results from the principle component analysis are presented. There was a
difference between distribution of WHO priority pathogens in raw sewage (influent) and
treated wastewater. The weak correlations were detected between the samples. All the
tested samples contained twelve bacteria from the WHO priority pathogens list. In Figure 5,
the correlations between the seasons are presented. In all analyses, the values of Spearman
correlation index between seasons were high. It is suggested that environmental parameters,
such as temperature differences, effect pathogen distribution in various seasons.

241



Int. J. Environ. Res. Public Health 2022, 19, 336

Int. J. Environ. Res. Public Health 2022, 19, x FOR PEER REVIEW 5 of 13 
 

 

how the distribution of pathogens in three seasons is different in the various technological 
steps. 

 
Figure 2. Technological and season changes of multi-antibiotic resistant pathogens from WHO list. 
(A) Summer (SUM); (B) autumn (AUT); (C) spring (SPR); Av—average. 

Figure 2. Technological and season changes of multi-antibiotic resistant pathogens from WHO list.
(A) Summer (SUM); (B) autumn (AUT); (C) spring (SPR); Av—average.

242



Int. J. Environ. Res. Public Health 2022, 19, 336

Int. J. Environ. Res. Public Health 2022, 19, x FOR PEER REVIEW 6 of 13 
 

 

 
Figure 3. Technological and season changes of bacteria belonged to Enterobacteriaceae. (A) Summer 
(SUM); (B) autumn (AUT); (C) spring (SPR); Av—average. 

Figure 3. Technological and season changes of bacteria belonged to Enterobacteriaceae. (A) Summer
(SUM); (B) autumn (AUT); (C) spring (SPR); Av—average.

243



Int. J. Environ. Res. Public Health 2022, 19, 336
Int. J. Environ. Res. Public Health 2022, 19, x FOR PEER REVIEW 7 of 13 
 

 

 
Figure 4. Principal component analysis (PCA) of the samples collected from different technological 
steps in various seasons on the variance-covariance matrix of the relative abundances of pathogens 
from the WHO multi-resistant pathogens list. The numbers in brackets describe the percentage of 
variance, explained by the first two components. (A) summer 2018; (B) autumn 2018; (C) spring 
2019.  

Figure 4. Principal component analysis (PCA) of the samples collected from different technological
steps in various seasons on the variance-covariance matrix of the relative abundances of pathogens
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Figure 5. The Spearman’s rank-order correlation coefficient between the bacterial pathogens from
the WHO list, occurring in various seasons (p < 0.01). 1—Acinetobacter baumannii; 2—Pseudomonas
aeruginosa; 3—Enterobacteriaceae; 4—Enterococcus faecium; 5—Staphylococcus aureus; 6—Helicobacter py-
lori; 7—Campylobacter spp.; 8—Salmonella spp.; 9—Neisseria gonorrhoeae; 10—Streptococcus pneumoniae;
11—Haemophilus influenzae; 12—Shigella spp. (A) summer 2018; (B) autumn 2018; (C) spring 2019.

In Figure 6A,B, the Venn diagrams for the selected technological steps and seasons
are presented. Venn diagram worksheets present the relations between the abundance of
pathogens in three seasons in the following technological steps. They graphically present
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how the distribution of pathogens in three seasons is different in the various technological
steps.
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SUM; autumn—AUT; spring—SPR.

4. Discussion

Based on the observed findings, the WHO priority multi-resistant pathogens were in
wastewater and receiving surface waters. In the recent years, the number of pathogens with
multi-drug resistance genes has significantly increased, and microbiological monitoring
should be carried out in different environments, in order to prevent pollution and protect
the environment and public health. Despite modern advances in wastewater technologies,
treated effluents contain large amounts of various pollutants, including microbiological.
The effluents are discharged into the environment, mainly into the receiving surface waters,
consequently affecting public health directly or indirectly [25].

Generally, the microbial indicators are classified into three groups [26]: (i) general
(process) microbial indicators, (ii) fecal indicators (such as E. coli), (iii) index organisms and
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model organisms. Presently, the following indicators of microbial contamination are used:
total coliforms, enterococci, fecal streptococci, Escherichia coli, and Clostridium perfringens.
Preferred indicators of fecal pollution are the enterococci [27]. These indicators are detected
by the most of researches. Wen at al. [27] analyzed and compared water quality indicator
systems in USA, Africa, and several countries in Asia and Europe. Currently, the bacterial
indicators are the most popular in microbiological water quality monitoring, although
several countries started to adopt the new methods for detecting other microbial pathogens,
such as enteric viruses or protozoa [28].

Ajonina et al. [29] examined the microbiological quality of wastewater from the
wastewater treatment plants in Hamburg City. As presented, the large amounts of co-
liform bacteria were found in treated wastewater and in River Elbe water. Marie and
Lin [30] used the following bacterial indicators: E. coli, total coliforms, fecal coliforms,
fecal streptococci, Vibrio, Salmonella, and Shigella for the evaluation of river water quality.
Whereas Garrido-Perez et al. [31] evaluated the microbiological contamination of beach wa-
ters and sediments, using two indicators of fecal pollution: fecal coliforms and Clostridium
perfringens. The occurrence of microbial indicators in waters is being reported by various
researchers, but in most of the paper, there is no information about their antibiotic resistance.
The characterization of the bacteria multi-antibiotic resistance has been neglected. Now,
some epidemiological circumstances have changed this situation. Pérez-Rodríguez and
Taban [32] reviewed the role of foods from animals (for example milk, meat, and poultry,
etc.) as vehicles for multi-drug resistant pathogens and their role in the dissemination of
antimicrobial resistances and novel characteristics, particularly multi-drug resistance.

However, most of the microbiological indicators are bacteria-specific, multi-antibiotic
resistance; now, the multi-antibiotic resistance is a new characteristic of pathogens. An-
timicrobial resistance (AMR) is huge public and health problem. As estimated, over
670,000 infections are caused annually by AMR pathogens in Europe. The cost of these
infections is estimated to exceed 1 billion euros (ECDC, 2019). Most of the deaths are caused
by pathogens, from which most of them are multi-drug resistant species, for example: Es-
cherichia coli, Acinetobacter spp, Pseudomonas aeruginosa, Klebsiella pneumoniae, Staphylococcus
aureus, and Enterococcus spp. Additionally, most of the infections are caused by these
pathogens, and appropriate management, including antibiotic resistance of public health
system, is essential.

In the review of Kakoullis et al. [33], the mechanisms of antibiotic resistance in
pathogens, which are of great clinical important, were described. The author presented the
resistance mechanisms of six pathogens, e.g., multi-drug resistant Escherichia coli, Staphylo-
coccus aureus, Pseudomonas aeruginosa, Enterococcus spp., Acinetobacter spp., and Klebsiella
pneumoniae. By the basic understanding the mechanisms of resistance, the clinicians can
better comprehend and predict resistance patterns and subsequently select the most ap-
propriate novel antimicrobial drugs for the pathogens or development of an effective
vaccine [34,35].

In the study of Zaha et al. [36], the most commonly isolated pathogen was Acinetobacter
baumannii, which were resistant to all the β–lactam antibiotics, including the carbapenems.
Similar results were presented in the study of Handal et al. [37].

Fischbach and Walsh [38] have distinguished three classes of antibiotic-resistant
pathogens, which are major threats to public health. First, methicillin-resistant Staphy-
lococcus aureus (MRSA), which has high mortality rate. Pathogens from the second class,
belonging to multidrug-resistant (MDR) and pan-drug-resistant (PDR) gram-negative bac-
teria. These strains of Acinetobacter baumannii, Escherichia coli, Klebsiella pneumoniae, and
Pseudomonas aeruginosa are resistant to all antibiotic group: penicillins, cephalosporins,
carbapenems, monobactams, quinolones, aminoglycosides, tetracyclines, and polymyxins.
The third class belongs to strains of Mycobacterium tuberculosis.

Mhondoro et al. [39] noted that carbapenem-resistant A. baumannii, carbapenem-
resistant P. aeruginosa, fluoroquinolone-resistant Salmonella, and ESBL producing Enterobac-
teriaceae were major health problems in Harare, Zimbabwe.
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From the analysis conducted here, differential patterns in the distribution of WHO
multi-resistant pathogens are clear, although the factors (technological steps and seasons)
influencing the observed differences are yet to be fully explained. The effect of wastew-
ater treatment processes on the fate of resistance is variable. As suggested by Karkman
et al. [40], future research should examine whether WHO pathogens persist in downstream
environments and urban water. Most of the WHO pathogens are important indicators for
specific water purposes, such as agriculture and aquaculture wastewater and reuse.

Furthermore, the use of a metagenomic approach allowed us to identify pathogens in
the collected samples. The sequence data can be also used to predict antibiotic resistance and
virulence phenotypes. Detailed information on application of metagenomics approaches
and other modern methods in pathogens detection is described in the literature [41–44].
So far, there are no reliable methods that could be used to detect pathogenic bacteria in
the environmental samples, to the best of our knowledge. Despite the fact that numerous
research has been done, new emerging pathogens or patterns and potential human risk
from urban wastewater release are still uncertain. The lack of reporting standards of WHO
pathogens also makes it is difficult to protect public health. Quantitative microbial risk
assessment (QMRA) could be useful tool to evaluate the health risk assessment and describe
scenarios for the spread of multi-resistant pathogens in the environment.

5. Conclusions

The study facilitated the evaluation of similarities and differences in composition of
the pathogens from the WHO list, during the wastewater treatment process and seasons,
and their distribution in effluent receiving water. Special attention was paid, in order to
present the metagenomic analysis as a new tool in human health risk assessment. Twelve
bacteria from the WHO priority pathogens list were detected in wastewater and receiving
surface water. They disperse in the environment and disease transmission. WHO-listed
bacteria pose a serious component of the threat of microbial contamination, in regard to
public health and water quality, especially during water recycling and reuse processes. The
process of the identification and detection of WHO-listed bacteria is an important step in
the management of health and environmental risks associated with recycled water.
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