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Abstract: Groundwater samples contaminated with potentially toxic elements (PTE), including
metals and nitrate ions, were collected at a depth of 8–10 m from the Siberian Chemical Plant
multicomponent waste storage. The possibility of developing a permeable biogeochemical barrier
with zeolite and lightweight expanded clay aggregate (LECA) was investigated. The mass fraction and
properties of several metals (Mn, Fe, Co, Ni, Cu, Zn, Cd, Hg and Pb) were determined to investigate
their fixation on the chosen materials at the given experimental conditions. It was established that
metals in sulfide or phosphate forms can be effectively immobilized via biomineralization on LECA,
whereas metals from the non-chalcogen group are primarily retained in the form of phosphates. The
formation of biogenic deposits of iron sulfide, which serve as a sorption–precipitation phase during
the immobilization of the majority of metals, is an important aspect of the LECA loading process.
The use of LECA and zeolite in the form of a two-component barrier is feasible based on the data
obtained. It is assumed that metal immobilization processes occur due to sorption mechanisms in the
zone of zeolite loading. Microbial nitrate removal and the formation of iron sulfide phases under
reducing conditions, which form a geochemical barrier for metals, are expected in the LECA zone.

Keywords: mesoporous zeolite; lightweight expanded clay aggregate (LECA); aquifer contamination;
permeable barrier; potentially toxic elements (PTE); sorption; biomineralization

1. Introduction

Electroplating enterprises, solid waste landfills, as well as mining activities, ore pro-
cessing, chemical and metalworking industries contribute to the contamination of both
underground and surface waters with potentially toxic elements (PTE: heavy metals and
acid anions). The most pronounced detrimental effect on the environment can be caused by
industrial effluents stored in the form of dumps or sludge, and in surface storage pools [1–3].
Notwithstanding the fact that many techniques for remediation of contaminated soils and
surface water bodies have been created and are continuously improved, the treatment of
contaminated groundwater continues to be an expensive and difficult task.

Various impermeable (e.g., cut-off walls in the ground) or permeable engineering
barriers have traditionally been used to prevent pollutant migration in groundwater [4].
Permeable barriers are considered to be a better long-term solution, as they do not disrupt
groundwater movement and do not induce blockages in the geologic horizon [5–7]. A vari-
ety of natural materials, including zeolites [8–10], limestone [6,11], apatite [12], artificially
created materials such as cement-based filter media (CBFM) [13], waste products (e.g., fly
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ash [14]), as well as numerous organic materials and their compositions with minerals [15],
can be used to create these barriers. The formation of in situ geochemical barriers using
reducing agents, such as zero-valent iron [16,17] and other additives, is another method of
treating groundwater. Their injection into the groundwater formation creates local zones
for metal immobilization.

One of the promising remediation strategies for combating multicomponent contami-
nation is the application of in situ biogeochemical barriers based on sorbents and highly
porous material, as well as microorganism growth stimulation by organic compounds. Nu-
merous studies have employed this strategy [18,19]. The development of microbial biofilms
that protect microorganisms from the toxic effects of the contaminated environment and
allow the microbial community to effectively cope with it is critical for the successful
operation of such barriers [20]. Shortcomings of this approach include the necessity of
extra nutrition for the microorganisms as well as biofouling of highly effective sorptive
materials causing deterioration of their properties. Biofilms, on the other hand, can im-
prove material sorption capacity since their polysaccharide matrix contains a significant
number of functional groups, which can participate in metal sorption [21–24]. Furthermore,
microbial processes can result in the formation of secondary mineral phases, such as sulfide
or ferruginous phases, which additionally contribute to metal immobilization [25–27].

Previously, we have studied the possibility of using zeolite, apatite, expanded clay,
vermiculite, and other materials along with organic stimulation as a groundwater per-
meable barrier near a storage facility for the immobilization of radionuclides, such as
cesium, strontium, uranium, and technetium, from radioactive waste [28]. The effects of
natural groundwater microflora on the sorption properties of materials were studied. It was
demonstrated that microbiological effects did not significantly alter the sorption properties
of the examined materials under the operating conditions of the barrier. In another study,
the possibility of using vermiculite, lightweight expanded clay aggregate (LECA), perlite,
zeolite, and shungite as filtration barrier in the aquifer near a solid domestic waste landfill
for Cd and Cr (VI) immobilization was investigated. Based on the results obtained by
authors of the present study and other researchers [4], the most optimal approach in case
of purification of groundwater with multi-component contamination is development of
permeable barriers consisting of several materials that create different conditions for the
immobilization of various contaminants.

The aim of the present study was to assess the possibility of using zeolite and LECA
as a permeable biogeochemical engineering barrier in groundwater with high nitrate and
sulfate contamination for metal ion immobilization, taking as an example, groundwater
collected near the multicomponent waste storage of the Siberian Chemical Plant (Tomsk
region, Russia).

A field test to create a groundwater biogeochemical barrier was conducted there
previously [29]. In less than one month, as a result of a single injection of organic matter,
the studied area was cleared of nitrate ions, but the effect was transient; in one year, con-
centrations of contaminants comparable to the initial ones were observed in the stonecrop
zone. In this case, enhancing the stable development of microorganisms in biofilms in
contaminated groundwater could be a critical solution for in situ nitrate, radionuclide, and
various metal removals.

2. Materials and Methods

In the present study, a groundwater sample was collected from a depth of 8–10 m in
the area of the basin of the Siberian Chemical Plant storage of polycomponent wastes. Water
samples were taken after pumping one and a half well volumes in sterile, 2 L plastic bottles,
hermetically sealed and stored at a temperature of +4 ◦C in a refrigerator. The sample
chemical composition and microbiological properties can be found in [29]. It contained
high concentrations of major components, nitrate ions and calcium, as well as PTE—Mn,
Fe, Ni, Cu, Sr, and Zn (Table 1).
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Table 1. Characteristics of the analyzed groundwater sample.

Major Elements *, mg/L Trace Elements **, μg/L

pH 6.34 ± 0.2 Al 145 ± 4.4 As 0.6 ± 0.1 Cs 0.01 ± 0.001

salt concentration 6670 ± 200 Si 9893 ± 297 Br 128 ± 0.2 Ba 612 ± 18.4
Na+ 647 ± 19 Sc 2 ± 0.1 Se 2.7 ± 0.1 La 0.74 ± 0.02
K+ 8.9 ± 0.3 Ti 3.1 ± 0.1 Rb 0.25 ± 0.2 Ce 1.16 ± 0.04

Ca2+ 762.3 ± 22.8 V 0.9 ± 0.02 Sr 993 ± 30 W 0.3 ± 0.01
Mg2+ 139.7 ± 4.2 Cr 5.06 ± 0.2 Zr 0.1 ± 0.01 Pb 0.92 ± 0.03
NH4

+ 12.3 ± 0.03 Mn 4482 ± 135 Nb 0.3 ± 0.01 Th 0.04 ± 0.001
NO3

− 3849 ± 115 Fe 17563 ± 527 Mo 2.24 ± 0.06 U 0.72 ± 0.02
SO4

2− 467 ± 14 Co 16.5 ± 0.5 Ru 0.03 ± 0.001
Cl− 6.3 ± 0.2 Ni 145 ± 4.4 Rh 2.03 ± 0.06

HCO3
− 305.1 ± 9.2 Cu 60 ± 1.8 Pd 0.02 ± 0.001

Ptot 32.5 ± 1 Zn 150 ± 4.5 Cd 11.3 ± 0.34

* Detection limit = 100 μg/L, with the exceptions of K, Cl = 10 μg/L, and P = 25 μg/L. ** Detection limit: As, Nb,
Ba = 0.1 μg/L; Br = 16 μg/L; Se = 1.6 μg/L; Zr, Nb, Ru, Pd, Cd, W = 0.01 μg/L; Mo, Pb = 0.02 μg/L, Cs = 0.001 μg/L;
La = 0.003 μg/L; Ce = 0.004 μg/L; Th, U = 0.002 μg/L.

2.1. Carriers

Natural zeolite (Clinoptilolite type) from the Chola deposit (Transbaikalia, Russia)
was purchased from the “Zeolite-Trade” company (http://www.zeolite.spb.ru/ accessed
on 17 January 2021). The zeolite “Trade” consists of isometric aggregates of 3–5 mm and
microaggregates of micron size with thin isometric pores and elongate channels. This
structure ensures simultaneous high filtration and sorption properties. The density of the
“Trade” zeolite is 2.2–2.6 g/cm3, the specific surface area is 10.1 m2/g, and the bulk weight
is 1.02–1.2 g/cm. Natural zeolite was ground up and sieved, and the fraction with a size
300–100 μm was used for further experiments.

Lightweight expanded clay aggregate (LECA) produced by the PJSC “Keramzit”
(Serpuhov, Russia, https://zao-keramzit.com) (accessed on 26 January 2021). Is a mixture
of clay minerals (smectite, beydelite) heated at 1200 ◦C. It is composed of highly porous
aggregates up to 5 mm in size and pores ranging from several nanometers to 0.5 mm.
Despite its high porosity and specific surface, the LECA has a low chemical activity due to
the highest and most stable oxidation state of its components during burning, when water
and organic matter are completely removed.

2.2. Experimental Design
2.2.1. Sorption before and after Biofouling

In the first stage, the experiments were performed on materials with biofilm formed by
the groundwater microbial community. The biofouling was performed in aerobic conditions
for 14 days in Adkins media inoculated with 10% of groundwater sample. The medium con-
tained NH4Cl—1.0; KH2PO4—0.75; K2HPO4—1.5; NaNO3—1.0; NaCl—0.8; Na2SO4—0.1;
MgSO4·7H2O—0.1; KCl—0.1, yeast extract—0.5; glucose—1.0; CH3COONa—1.0,
pH = 7. Glucose and sodium acetate Sigma Aldrich (Darmstadt, Germany) (https://
www.sigmaaldrich.com/ accessed on 1 March 2021.) in concentrations of 1 g/L were used
as carbon sources and electron donors. Filtration and freeze drying were used to separate
the biofilm-containing materials from the cultivation medium.

Sorption experiments were conducted in 100 mL flasks for 24 h at vigorous agitation
with the same groundwater. The solution volume was 50 mL, and the sorbent dosage was
0.5 g. Metals were added from nitrate solutions (Sigma Aldrich (Darmstadt, Germany)) at
a concentration of 10 mg /L (per metal). All experiments were conducted in triplicate, and
the average values were used for further calculations.

The metal uptake q (mg/g sorbent) was calculated using the following equation:

q =
V(Ci − Cf )

m
(1)
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and sorption removal efficiency, R (%), from the equation:

R =
Ci − Cf

Ci
∗ 100 (2)

where q is the amount of metal ions adsorbed on the sorbent in mg/g; V is the volume
of solution in ml; Ci is the initial concentration of a metal in mg/L, Cf is the final metal
concentration in the solution in mg/L, and m is the mass of sorbent in g.

Desorption was carried out with low mineralized model water (NaHCO3—25.2,
MgSO4×7H2O—36.6, CaCl2×6H2O—223.9, MgCO3—3.2, NaNO3—1000, pH 7.1) In vials,
the material was stirred at 120 rpm for 2 h at room temperature. All chemicals were high
purity grade from Sigma Aldrich (Darmstadt, Germany).

2.2.2. Metal Immobilization during Microbial Growth

In the second stage, an experiment on accumulation and biomineralization of mineral
carriers with simultaneous growth of microorganisms from the solution of underground
water was carried out. Sodium acetate and glucose high purity grade (Sigma Aldrich,
Darmstadt, Germany) at a concentration of 1 g/L were used as a carbon source and electron
donors. The experiment was carried out in hermetically sealed vials for one month to
achieve anaerobic mineralization of iron and sulfur. Metals at the same concentrations as in
the sorption experiment were added to the medium in the beginning of the experiment.

The medium in the first stage of the experiment contained phosphates from groundwa-
ter samples; in the second variant, phosphates at a concentration of 500 mg/L in the form of
potassium phosphate high purity grade (Sigma Aldrich, Darmstadt, Germany) were added.
Desorption was carried out according to the procedure described for sorption experiment.

2.3. Methods

The chemical composition of the water samples was analyzed immediately after
sample collection and filtration through a 0.45 μm glass filter by inductively coupled
plasma–mass spectrometry (ICP-MS) on mass spectrometer Xseries II ICP-MS (Thermo
Fisher Scientific, Waltham, MA, USA) and ICP-OES on ICP-OES CID Spectrometer); iCAP
6500 (Thermo Fisher Scientific, Waltham, MA, USA, https://www.fishersci.com/shop/
products/icap-6500duoview-icp-oes-spect/NC1982295 accessed on 19 January 2022).

The determination of Eh and pH values was carried out using an ANION-4100 pH
meter/ionomer (Russia) with an electrode combination. Anion and cation concentrations
were measured by a CGE capillary electrophoresis system (Capel-105M, LUMEX Instru-
ments, Saint Peterburg, Russia, https://www.lumexinstruments.com/catalog/capillary-
electrophoresis/capel-105m.php accessed on 10 January 2020).

Copper, Cd, and Pb concentrations in the solutions were determined by AAS (Thermo
Scientific iCE 3400 series, Waltham, MA, USA, https://www.thermofisher.com/order/
catalog/product/942350023411) (accessed on 6 December 2022) with electrothermal atom-
ization. Calibration solutions were prepared from a 1 g/L stock solution (AAS standard
solution; Merck, Darmstadt, Germany).

The mass fraction of other elements was determined using neutron activation analysis
at the pulsed fast reactor IBR-2 (Frank Laboratory of Neutron Physics, Joint Institute for
Nuclear Research, Dubna, Russia). The concentration of Mn was determined by irradiation
for 3 min at a thermal neutron flux of 1.2 × 1012 n cm–2 s–1, and measurement time was
15 min. To determine the mass fraction of elements with long-lived isotopes: Cr, Co, Zn,
Sr, Ba, and Hg samples were irradiated for 4 days at a neutron flux of 1.1 × 1011 cm−2 s−1.
Gamma spectra of induced activity were obtained after 4 and 20 days using three Canberra
HPGe detectors with an efficiency of 40–55% and resolution of 1.8–2.0 keV at 1332 keV 60Co
total-absorption peak. The analysis of the spectra was performed using the Genie2000 soft-
ware by Canberra (https://www.mirion.com/products/genie-2000-basic-spectroscopy-
software) (accessed on 6 December 2022), with peak fitting verification in interactive mode.
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The calculation of the concentrations was carried out using the software “Concentration”
developed in FLNP [30].

Biofilm development was detected using confocal scanning microscopy. The samples
were washed with distillate water to remove planktonic cells prior to storing in a 96%
alcohol solution for biofilm fixation. ConA (lectin conjugated with the fluorescent dye
Alexa Fluor 488 (C11252, ThermoFisher) in phosphate buffer at a dilution of 1:500) and SYBR
Green II (S7564, ThermoFisher), which binds to nucleic acids (primarily RNA), were used to
stain the samples. ConA binds to bacterial wall monosaccharides and EPS, SYBR Green II to
nucleic acid. Staining was performed in the dark for 30 min on a shaker at room temperature.
The samples were analyzed using a Zeiss LSM880 confocal microscope (Zeiss, Germany).
The images were acquired with x20 and x40 objectives and argon lasers with wavelengths
of 488 nm for detecting ConA fluorescence and 543 nm for detecting SYBR Green II. The
Nomarski contrast method was applied to detect uncolored particles (LECA and zeolite).
The obtained images were analyzed using the ImageJ software package with the plugin
BioFormats 5.8.2 (https://docs.openmicroscopy.org/bio-formats/5.8.2/about/index.html)
(accessed on 6 December 2022) and BioFilmAnalyzer v.1.0 [31].

Organic carbon was determined using a total organic carbon analyzer: Shimadzu
TOC-V CSN (Kyoto, Japan).

Respiration activity was determined using the MTT test under oxic and anoxic
conditions [32]. Before spectrophotometry of the oxidized formazan complex, the samples
were centrifuged at 7000 g to remove the clay suspension.

Materials surface analysis before and after sorption was performed using a S3400N
scanning electron microscope (Hitachi, Santa Clara, CA, USA). Analysis samples were
removed from the liquid medium by filtration and dried at room temperature in a nitrogen
glove box to a constant weight. For SEM analysis, the samples were placed on an aluminum
holder using electrically conductive tape, and vacuum carbon deposition (Q150T E Plus)
was carried out (vacuum 4–3, current 50 A). The samples were analyzed in two modes, SE
and BSE, at a voltage of 20 kV.

Fourier-transform infrared (FT-IR) spectroscopy was used to confirm the presence
of the functional groups in the microbial samples. Infrared spectra were recorded in the
4000–550 cm–1 region using a Thermo Nicolet Nexus 4700 FT-IR Spectrometer (Thermo
Fisher Scientific, Waltham, MA, USA).

The speciation of metals in solution was assessed by thermodynamic modeling in the
PhreeqC 2.1 software with the llnl.dat thermodynamic database [33]. The saturation indices
(SI) were determined as follows:

SI = logIAP − logKs (3)

where IAP is the product of activities of the relevant ions, and Ks is the equilibrium constant.
At SI > 0, formation of the studied phase is predicted.

3. Results

3.1. Zeolite and LECA Biofilm Characterization

The microbial biofilm formation and the accumulation of organic carbon on the ma-
terials occurred after a single stimulation with glucose. Organic carbon is predominantly
present as the biofilm exopolysaccharide matrix. The maximum carbon accumulation on
zeolite was observed on days 20–30, and on LECA on days 15–20 (Table 2). LECA had
a higher total carbon mass fraction, reaching 12.9 mg/g. A gradual biofilm degradation
on both materials was observed after 40 days. After 60 days, the carbon mass fraction on
zeolite decreased to the initial values of biofilm development; for LECA, the decrease was
15% from the maximum.

5
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Table 2. Kinetics of total organic carbon accumulation on the studied materials (mg/g) *.

Sample
Time, Days

0 5 7 15 20 30 40 50 60

Zeolite 0.12 ± 0.004 3.8 ± 0.13 4.6 ± 0.15 7.1 ± 0.22 8.5 ± 0.3 8.4 ± 0.3 4.5 ± 0.15 3.9 ± 0.13 3.5 ± 0.11
LECA 0.26 ± 0.01 4.5 ± 0.15 7.9 ± 0.3 12.8 ± 0.45 12.9 ± 0.4 12.4 ± 0.43 11.5 ± 0.38 11.0 ± 0.35 10.9 ± 0.33

* Uncertainty of the TOC result is less than 5%, according to the Shimadzu TOC Measurement Manual.

The morphology of the samples was visualized using confocal laser scanning mi-
croscopy (Figure 1). It was discovered that the LECA coverage by biofilm was more even
than biofouling on zeolite. On the 20th day, the total area of polysaccharides on LECA was
75 ± 3.8%, taking into account that the total area of fouling was 89 ± 4.3%. The area covered
by polysaccharides on zeolite was 54 ± 2.6%, the total fouling area being 59 ± 2.9%.

(a) (b) 

  
(c) (d) 

Figure 1. Micrographs of materials on the 20th day: zeolite–bio (a), zeolite–biomineralization (b),
LECA–bio (c) and LECA–biomineralization (d). Red channel is polysaccharides, and green is nucleic acids.

The area covered by cells (according to nucleic acid staining) on LECA was on average
two times greater than that on zeolite (Table 3, which also contains data on the formation
of biofilms in the biomineralization experiment). A similar trend was observed with the
total covered area, in the case of zeolite, it was 53 ± 2.6% and for LECA, 84 ± 4.1%. The
high biofouling of LECA is primarily due to its porous structure and larger surface area
compared to zeolite.
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Table 3. Topological parameters of biofilm on analyzed materials (after 20 days of growth) studied
by confocal scanning laser microscopy.

Sample Nucleic Acid, % Polysaccharides, % Total Area of Fouling, %

Zeolite–bio 5 ± 0.2 54 ± 2.6 59 ± 2.9

LECA–bio 14 ± 0.7 75 ± 3.8 89 ± 4.3

Zeolite–biomineralization 8 ± 0.4 45 ± 2.2 53 ± 2.6

LECA–biomineralization 13 ± 0.6 71 ± 3.6 84 ± 4.1

3.2. Metal Immobilization on Materials before and after Biofouling (Sorption Experiment)

The results of metal accumulation on raw and biofilm-coated materials are presented in
Figure 2. The efficiency of metal sorption on LECA did not exceed 20%, with the exception
of mercury, when the sorption efficiency was slightly above 50%. Sorption efficiency on
zeolite was significantly higher. Thus, for cadmium, strontium, mercury, and manganese,
it was higher than 90%, and for nickel, zinc, copper, and lead, it was in the range of
80–90%. Formation of biofilm on the analyzed materials had a multidimensional effect on
the efficiency of sorption. For LECA, the efficiency of all metals’ immobilization increased.
The highest efficiency (60–80%) was observed for chromium, zinc, cadmium, and copper.
For nickel, cobalt, strontium, and barium, the increase in the efficiency of immobilization
was less pronounced. In the case of zeolite, the formation of biofilm resulted in the decrease
in manganese, cobalt, nickel, copper, zinc, strontium, cadmium and barium immobilization.
Moreover, for cobalt, copper, strontium and barium, the decrease in the sorption efficiency
was significant (20–50%). For lead and mercury, the efficiency of immobilization was
almost unaffected by the biofilm. Thus, the formation of biofilms on materials with high
immobilization characteristics inhibits metal accumulation.

Figure 2. Metal immobilization on untreated and biofilm-coated materials.

3.3. Metal Immobilization on Materials during Biofouling (Bioaccumulation and
Biomineralization Experiment)

The values of the efficiency of metal immobilization on the studied materials during
biomass growth with and without the addition of the excess of phosphates in the medium
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are presented in Table 4. Metal immobilization on materials, particularly for LECA, in-
creased in the biomineralization experiments. Immobilization on LECA was higher than
on zeolite, which can be attributed to the greater surface biofouling. The addition of phos-
phates contributed to the significant increase in strontium and barium immobilization and
resulted in 100% immobilization of mercury.

Table 4. Efficiency (%) of metal immobilization on materials in biomineralization experiments with
phosphates (bmp) and without phosphates (bm).

Metal
LECA
(bio)

LECA
(bm)

LECA
(bmp)

Zeolite
(bio)

Zeolite
(bm)

Zeolite
(bmp)

Cr 29.3 ± 1.0 97.5 ± 4.4 98.7 ± 4.3 65.5 ± 1.6 90.7 ± 4.0 91.5 ± 3.9

Mn 26.7 ± 1.0 98.7 ± 4.2 99.4 ± 4.5 44.8 ± 0.9 89.4 ± 3.7 90.8 ± 3.7

Co 18.6 ± 0.8 99.1 ± 4.5 98.1 ± 4.3 56.1 ± 1.9 82.3 ± 3.9 84.7 ± 2.9

Ni 37.1 ± 1.7 99.6 ± 4.5 99.5 ± 4.4 67.4 ± 2.0 82.32.6 99.5 ± 3.9

Cu 34.6 ± 1.4 92.5 ± 4.0 89.1 ± 3.0 34.5 ± 0.8 85.4 ± 2.4 88.1 ± 2.6

Zn 68.4 ± 3.4 98.9 ± 4.4 99.8 ± 4.7 78.9 ± 3.6 92.1 ± 4.0 90.4 ± 3.7

Sr 14.7 ± 0.7 31.2 ± 1.2 100 ± 5.0 44.7 ± 1.2 57.9 ± 1.9 100 ± 4.5

Cd 75 ± 3.0 98.1 ± 4.7 99.2 ± 4.3 83 ± 3.0 98.4 ± 3.8 99.1 ± 4.4

Ba 13.4 ± 0.3 16.2 ± 0.7 89.7 ± 3.8 19.7 ± 0.7 31.2 ± 1.5 98.5 ± 4.2

Hg 68.9 ± 2.5 100 ± 4.4 100 ± 4.5 91.2 ± 2.6 100 ± 4.8 100 ± 4.5

Pb 49.1 ± 1.8 97.9 ± 4.2 98.6 ± 3.9 89.1 ± 2.4 99.8 ± 4.8 99.3 ± 4.3

3.4. Evaluation of the Binding Strength of Immobilized Forms of Metals on Analyzed Materials

Table 5 report the data related to the efficiency of metal desorption using groundwater
as a desorbing agent (2 h of mixing). According to the results, the strength of metal binding
on zeolite was higher despite its lower fouling. In the experiment with LECA coated with
biofilm, the highest efficiency of desorption was obtained for cobalt, chromium, copper,
barium, and manganese, while for cadmium and zinc, it was very low. On zeolite coated
with biofilms, the maximum desorption was observed for chromium and the minimum
for cadmium. Thus, in sorption experiments, the majority of metals was not strongly
immobilized on organic microbial biofilms.

Table 5. Efficiency of metal desorption from the LECA and zeolite using groundwater as a desorbing agent.

Metal
LECA
(bio)

LECA
(bm)

LECA
(bmp)

Zeolite
(bio)

Zeolite
(bm)

Zeolite
(bmp)

Cr 64.9 ± 2.9 2.2 ± 0.1 2.11 ± 0.01 41.9 ± 2.1 2.1 ± 0.01 1.7 ± 0.03

Mn 72.8 ± 3.5 1.3 ± 0.07 2.11 ± 0.01 32.3 ± 1.5 1.5 ± 0.01 1.9 ± 0.03

Co 81.6 ± 3.9 3.9 ± 0.09 4.1 ± 0.1 30.4 ± 1.4 3.1 ± 0.02 2.9 ± 0.4

Ni 49.4 ± 2.5 1.1 ± 0.03 1.8 ± 0.01 39.4 ± 1.9 0.9 ± 0.01 1.3 ± 0.01

Cu 54.3 ± 2.8 1.5 ± 0.05 1.71 ± 0.01 39.8 ± 1.7 1.9 ± 0.2 1.8 ± 0.03

Zn 43.4 ± 2.1 1.2 ± 0.06 0.9 ± 0.003 27.4 ± 1.2 3.9 ± 0.1 1.5 ± 0.03

Sr 52.9 ± 2.7 34.1 ± 1.4 1.91 ± 0.03 38.9 ± 1.7 28.3 ± 0.08 0.9 ± 0.02

Cd 43.6 ± 2.0 1.6 ± 0.05 1.5 ± 0.02 17.4 ± 0.8 1.3 ± 0.01 1.7 ± 0.01

Ba 77.7 ± 3.1 42.4 ± 2.1 2.11 ± 0.5 29.2 ± 1.0 20.1 ± 1.0 1.1 ± 0.02

Hg 12.8 ± 0.6 4.5 ± 0.0 3.1 ± 0.7 5.8 ± 0.01 1.1 ± 0.05 0.3 ± 0.001

Pb 49.2 ± 2.2 1.5 ± 0.5 0.34 ± 0.01 23.7 ± 1.2 1.1 ± 0.05 0.84 ± 0.02
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The metal binding strength on both materials increased significantly during the biomin-
eralization experiment. The highest efficiency of desorption for both materials was observed
for Ba and Sr, and for other elements, it was less than 5%. At the addition of phosphates, the
efficiency of elements desorption on LECA was less than 5% and on zeolite less than 3%.

4. Discussion

The formation of biofilm on the studied materials occurred differently. The adhesion
of biofilms on LECA was strengthened due to the more developed surface macrostructure
and high roughness. However, since mesopores are inaccessible for microorganisms,
the zeolite surface was not affected by biofouling. As a result, it can be assumed that
biofouling and biofilm formation will influence metal immobilization only on LECA. Metal
binding on zeolite can be influenced by biofilms as well as by the material’s surface. The
experiments revealed that the surfaces of materials, biofilms, and mineral phases formed
during microorganism growth and contributed to metal immobilization. Furthermore,
biomineralization was mainly responsible for metal immobilization. The mechanisms of
metal fixation by microbial biofilms have been thoroughly investigated. They include
physical and physicochemical adsorption, such as ion exchange or formation of complexes
on biofilm sorption centers [34].

4.1. The Role of Biofouling in Metals Immobilization

It is known that bacterial biofilms consist of a matrix with up to 90–95% polysaccha-
rides based on β-glucuronic acid. The sorption sites of biofilms include hydroxyl (alcohols,
carbohydrates), carboxyl (fatty acids, proteins, organic acid residues), amino groups (pro-
teins and nucleic acids), esters (lipids), sulfhydryl groups (cysteine residues, proteins),
aldehyde groups (aldehydes and polysaccharides), internal carbonyl groups (ketones and
polysaccharides), and phosphate groups [35].

IR spectra recorded before and after the biofouling processes confirmed the materials’
biogenic fouling. The spectrum of LECA after biofilm formation differed significantly from
the spectrum of the raw material. Aluminosilicate-like bands were observed prior to biofilm
formation: 1035, 799, and 775 cm−1. Two maxima, 993 and 918 cm−1, which are indicative
of the stretching vibrations of the C-O and C-C groups, were identified on the band in the
range of 1200–900 cm−1 after biofouling (Figure 3a). The spectrum of the zeolite sample
showed the appearance of ν(OH) stretching vibrations in the range of 3600–3300 cm−1,
as well as the appearance of a band at 1414 cm−1, which can be attributed to the δ(COH)
vibration. In addition, the spectrum of the bio-treated zeolite contained water vibration
bands: ν(H2O) = 3528, 3381 cm−1 and δ(H2O) = 1640 cm−1, which along with the hydroxy
group, can be part of the polysaccharide matrix.

 
(a) (b) 

Figure 3. IR spectra of materials studied before and after biofouling: LECA (a) and zeolite (b).
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According to the literature (Table A1), the most common complexing agents capable
of chelating almost all metals used in the current study are carboxyl, hydroxyl, and thiol
groups. Amino (and amide) groups are able to form compounds with Cr, Zn, Ni, Cu, Mn,
Cd, Sr, and Hg. Phosphoryl groups have the lowest affinity for Mn, Co, and Sr. Although
carbonyl groups can bind Cr, Ni, Cu, Hg, and Pb, their chelate formation is much less active.

Microbial biofilms can be considered as polyfunctional adsorbents for the majority of
metals. At the same time the overlapping of the material’s specific surface by the biological
matrix can lead to the decrease in the material sorption capacity. This may explain the
decrease in zeolite with biofilms sorption capacity toward Mn, Co, Ni, Cu, Sr, and Ba. It
can be concluded that functional groups of zeolite play a dominant role in the binding of
the mentioned metals.

4.2. The Role of Biomineralization in Metal Immobilization

Previously, a microbial community capable of reducing iron, sulfur, and nitrogen
compounds metabolically was discovered in water samples. In the present work, the effect
of a single addition of organic matter on physico-chemical conditions was investigated
experimentally (Figure 4). Significant shifts in the medium’s redox potential toward the
reduction region, as well as the reduction of nitrate ions, were observed up to day 30.
Following the establishment of strongly reducing conditions, the concentration of sulfate
ions decreased as a result of the sulfate reduction process, which led to sulfide reduction.
The microbial processes were more active in the presence of LECA.

Figure 4. Kinetics of eH and Fe and SO4
–2 concentration change in solutions in biomineralization experiment.

Optional conditions for the solid mineral phases formation were determined according
to calculation in PhreeqC code (the thermodynamic database llnl.dat was used) [33]. Sulfate-
reductive conditions, a shift in the redox potential to the reduction side, and an increase
in carbonate ion concentration are required. Carbonate mineral precipitation is primarily
caused by anoxic microbial respiration. Sulfide and phosphates were formed in the system
as a result of the sulfate reduction. Table 6 and Figure 5 show the results of the SI calculations
of solid mineral phases under sulfate reduction conditions. For zinc phosphate (Hopeite,
Zn3(PO4)2:4H2O), the SI was also greater than 0 (SI = 4.12).
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Table 6. Thermodynamic modeling (PhreeqC 2.1 software with the llnl.dat) of mineral phases
formation at saturation indices (SI) > 0.

Phase
Without

Additions,
pH 6.5

Sulfates
Addition

500 mg, pH 8

Sulfates Addition
500 mg, Phosphates

Addition, pH 8

Phosphates
Addition,

500 mg
Formula

Carbonates

Aragonite −0.8 1.7 1.6 1.6 CaCO3

Calcite −0.7 1.9 1.7 1.7 CaCO3

Cerussite 2.1 2.2 2.1 2.1 PbCO3

Dolomite −0.7 4.6 4.2 4.2 CaMg(CO3)2

Dolomite-dis −2.3 3.0 2.5 2.5 CaMg(CO3)2

Dolomite-ord −0.7 4.6 4.2 4.2 CaMg(CO3)2

Huntite −7.5 3.3 2.3 2.3 CaMg3(CO3)4

Hydrocerussite 3.5 3.7 3.4 3.4 Pb3(CO3)2(OH)2

Monohydrocalcite 3.5 3.7 3.4 3.4 CaCO3:H2O

Magnesite −1.6 1.0 0.7 0.7 MgCO3

Otavite 1.0 3.4 3.3 3.3 CdCO3

Rhodochrosite −0.4 1.6 1.4 1.4 MnCO3

Siderite −0.7 0.8 0.7 0.7 FeCO3

Smithsonite −1.2 1.1 0.5 0.5 ZnCO3

Strontianite −0.3 2.4 2.4 2.4 SrCO3

ZnCO3:H2O −0.6 1.7 1.1 1.1 ZnCO3:H2O

Sulfides

Alabandite −1.6 0.9 0.6 0.7 MnS

Bornite 84.1 96.5 96.4 90.8 Cu5FeS4

Cattierite 9.2 13.3 13.3 12.4 CoS2

CdS 14.4 17.3 17.2 15.8 CdS

Chalcocite 30.8 34.2 34.2 32.8 Cu2S

Chalcopyrite 22.1 27.7 27.6 24.8 CuFeS2

CoS 3.8 4.3 4.3 4.8 CoS

Covellite 14.2 17.7 17.7 16.3 CuS

Galena 13.0 13.6 13.4 12.1 PbS

Metacinnabar 18.8 22.2 22.2 20.8 HgS

Millerite 6.3 9.6 9.6 8.2 NiS

Pyrite 6.7 12.4 12.3 9.5 FeS2

Pyrrhotite 1.6 3.7 3.5 2.1 FeS

Troilite 1.7 3.8 3.6 2.3 FeS

Vaesite 9.1 16.1 16.0 13.2 NiS2

Wurtzite 7.4 10.3 9.76 8.3 ZnS

Phosphates

Hopeite 4.67 4.6 Zn3(PO4)2:4H2O

Pb4O(PO4)2 6.7 6.7 Pb4O(PO4)2

PbHPO4 5.0 5.0 Pb4O(PO4)2
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Table 6. Cont.

Phase
Without

Additions,
pH 6.5

Sulfates
Addition

500 mg, pH 8

Sulfates Addition
500 mg, Phosphates

Addition, pH 8

Phosphates
Addition,

500 mg
Formula

Oxyhydroxide

Delafossite 4.9 9.4 9.3 9.3 CuFeO2

Figure 5. The results of solid mineral phases saturation index (SI) calculation under sulfate reduction conditions.

As a result of biogenic mineralization, according to BTC llnl.dat, the formation of the
following metal phases was predicted: Mn in the form of MnCO3 (Rhodochrosite) and
in the form of MnS phases (Akabandite), Co as CoS2 (Cattierite), Cd as CdCO3 (Otavite)
and CdS, Cu as Cu2S (Chalcocite) and CuS (Covellite), Hg as HgS (Cinnabar), Ni as NiS
(Mullerite) and NiS2 (Vaesite), Zn as ZnCO3 (Smithsonite) ZnS (Wurtzite), Pb in the form of
Pb3(CO3)2(OH)2 (Hydrocerussite) and PbCO3 (Cerussite), as well as PbS (Galena), Fe in the
form of FeCO3 (Siderite) and various sulfide phases such as FeS2 (Pyrite) and FeS (Troilite,
Pirrhotite). The addition of phosphates, as well as the production of biogenic carbonate
during decomposition of organic carbon, led to a significant decrease in the desorption
of strontium and barium, while for other metals, the effect was less pronounced. This
can be explained by the formation of calcium phosphate and biogenic calcite (the SI for
monohydrocalcite was 0.42, for aragonite > 1, calcite > 1.2, and dolomite > 4), which with
high probability, participated in the coprecipitation of strontium (including strontianite)
and barium. The addition of phosphates could also lead to the formation of zinc phosphates
of the Zn3(PO4)2:4H2O (Hopeite) type.

Iron phases under reducing conditions are the most valuable in the process of biogenic
minerals formation. Although the formation of iron oxyhydroxides +3 was not anticipated,
sulfide phases were predicted to form because of the highly reducing environment. The
elemental maps (S, Fe) acquired using electron microscopy provided further evidence
(Figure 6). The accumulation of sulfur and iron phases on LECA (L) and zeolite (Z)
after microbial transformation (2) was observed. No substantial iron sulfide crystals
were discovered by scanning electron microscopy since the experiment’s time period was
insufficient for their formation. The observed sulfide–iron formations were most likely
associated with a microbial biofilm.

It is known that ferriferous phases (siderite, pyrite, and other iron sulfides) are active
sorbents of metals. The resulting sulfide reacts with chalcophile metals [36] such as copper,
iron and zinc [37–39]. In a study by Jong et al. [40], it was found that biogenic iron sulfide
is a highly effective adsorbent for a wide range of metals and non-metals, including Pb(II),

12



Hydrology 2023, 10, 4

Cu(II), Cd(II), Zn(II), Ni(II), Fe(II), and As(V). In addition to sorption, the formation of
sulfide phases can lead to reduction and stabilization of the reduced phases of metals with
varying degrees of oxidation, forming a reductive barrier on the material’s surface.

  
(L1S) (L1Fe) 

  
(L2S) (L2Fe) 

 
(Z1S) (Z1Fe) 

 
(Z1S) (Z1Fe) 

Figure 6. Microphotographs of the analyzed samples. Color mapping: purple for sulfur; yellow-green
for iron.
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5. Conclusions

The parameters of Cr, Mn, Co, Ni, Cu, Zn, Sr, Cd, Ba, Hg, and Pb immobilization on
LECA and zeolite were established taking as an example the permeable biogeochemical
barrier near the Siberian Chemical Plant multicomponent waste storage. The geochemical
modeling approach predicted the formation of solid mineral phases of iron sulfides and
other metals.

It has been established that microbial biofouling does not always promote metal
immobilization on the mineral base of the barrier. Mesoporous materials with a high
initial sorption capacity were affected by biofilm fouling, which reduced their sorption
efficiency. However, biofouling had a beneficial effect on materials with a high surface
area of macropores and a characteristically low capacity of metal sorption, significantly
increasing their sorption capacity.

The non-uniformity of biofouling on zeolite and LECA demonstrated in this study
suggested the feasibility of developing a permeable barrier for the purification of contam-
inated groundwater with specific functionality. The first component of the barrier can
be zeolite, which is less susceptible to fouling and effectively immobilizes metals. LECA
can be used as the second part of the barrier to remove metals, nitrates, and sulfates. It
was discovered that the biomineralization process on LECA effectively retained metals in
sulfide and phosphate forms. For metals of the non-chalcogen group, immobilization is
possible with the addition of phosphates. The formation of biogenic iron sulfide precipitate
during expanded clay loading is crucial, as it provides a sorption–precipitation phase for
the immobilization of the majority of metals.
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Appendix A

Table A1. The role of organic groups in metal immobilization according to literature data.

Carboxyl Carbonyl Hydroxyl Amino Phosphoryl Thiol (SH)

Cr [41,42] [43] [44,45] [44] [44] [41,45]
Mn [46] - [46,47] [46] - [46]
Co [48,49] [48] [49,50] [48] - [51]
Ni [52,53] [52,53] [53,54] [53] -
Cu [53,55,56] [53,57] [57] [57] [53,55,57] [55]
Zn [58–60] - [58] [58] [58,59] [51,58,61,62]
Sr [63] - [64] - [63]
Cd [65–67] - [53,57] [65,67] [41] [46]
Ba [63] - - - [68] [63]
Hg [69–71] [69] [70,71] [70,71] [71] [62,72–74]
Pb [53,75] [53] [76,77] - [53,75–78] [62,72–74]
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Abstract: Cost-effective remediation is increasingly dependent on high-resolution site characteriza-
tion (HRSC), which is supposed to be necessary prior to interventions. This paper aims to evaluate
the use of low-flow purging and sampling water level data in estimating the horizontal hydraulic
conductivity of soils. In a new quali-quantitative view, this procedure can provide much more
information and knowledge about the site, reducing time and costs. In case of high heterogeneity
along the well screen, the whole procedure, as well as the estimation method, could be less effective
and rigorous, with related issues in the purging time. The result showed significant permeability
weighted sampling, which could provide different results as the pump position changes along the
well screen. The proposed study confirms this phenomenon with field data, demonstrating that the
use of multiparameter well logs might be helpful in detecting the behaviour of low-permeability
layers and their effects on purging and sampling. A lower correlation between low-flow permeability
estimations and LeFranc test results was associated with high heterogeneity along the screen, with
a longer purging time. In wells P43, MW08 and MW36, due to the presence of clay layers, results
obtained differ for almost one order of magnitude and the purging time increases (by more than
16 min). However, with some precautions prior to the field work, the low-flow purging and sampling
procedure could become more representative in a shorter time and provide important hydrogeological
parameters such as hydraulic conductivity with many tests and high-resolution related results.

Keywords: groundwater monitoring; water sampling; low-flow; wells; soil permeability

1. Introduction

In groundwater monitoring, site characterization is a complex process composed of
many components and activities. It is carried on when a potential contamination threatens
specific targets and should be necessary to provide background data on the site sensitivity
to anthropogenic impact [1,2]. In situ monitoring plays a key role in groundwater protection
and management, as it is the only way to find out reliable aquifer properties not only to
assess the contamination but also to understand complex hydrogeological and hydro-
chemical processes [3–5]. In particular, the assessment of porous aquifer vulnerability
to contaminants and the eventual successful remediation measures are closely linked to
the results of a well-performed groundwater monitoring, which in turn, depends on a
highly structured well network, the field technicians’ skills and the financial resources of
the involved stakeholders [6,7]. During these activities, well purging is usually a required
and mandatory operation, carried out before groundwater sampling. Nowadays, low-flow
purging and sampling is a well-known and consolidated methodology in environmental
monitoring, consisting of pumping water at low flowrates (in fine-grained soils from 0.1 to
1 L/min) and minimizing the induced stabilized drawdown in the well (usually few tens
of cm maximum) [8–11]. These limits are rather unstable for both practical and theoretical
issues: stabilized low flowrates are not easy to set due to specific well conditions or pumps’

Hydrology 2023, 10, 12. https://doi.org/10.3390/hydrology10010012 https://www.mdpi.com/journal/hydrology19



Hydrology 2023, 10, 12

technical limits, and even with the lowest flow rate of the aforementioned range, particular
hydrogeological settings with low-permeable soils does not allow in achieving acceptable
low drawdowns. In addition, the defined ranges of “low-flow” conditions are strictly
connected to the aquifer geometry and properties, which are sometimes unknown.

The misleading common belief is that the low-flow purging is only related to the
pumped value, whereas one has to consider the induced groundwater flow to the well,
which depends on the aquifer properties too [12–14]. In this sense, the only measured
parameter that can give information about the right conditions is the drawdown ΔH, or
even better the ratio ΔH/H (where H is the thickness of the aquifer), which allows to scale
the drawdown taking into account the aquifer geometry also [15,16].

Regardless of the foregoing data that are strictly related to the hydraulics, the aim
of this technique is mainly to correctly purge the well in order to obtain representative
groundwater samples, with a reduced stress on the aquifer and less volumes of groundwater
disposal at the same time. However, the word “representative” is still an object of discussion
among scientists and practitioners, because representativeness often depends on the focus
of the study, driven by specific compounds or related parameters [14,17,18].

The difficulty in collecting high-quality groundwater samples is related both to the
specific sampling technique as well as the well construction and soil heterogeneity in
terms of hydraulic conductivity. The presence of unknown low permeability layers or
lenses in the aquifer may involve a contaminant back diffusion, modifying sample quality
values over time [3,19–22]. Hence, collecting a formation water sample is always the main
goal, but as the aquifer is heterogeneous and the screen length is sometimes not properly
designed, the result of the operation will be always permeability-weighted sampling [23,24].
Consequently, the qualitative and quantitative aspects of low-flow purging and sampling
cannot be separated and must be investigated more, in order to maximize the aquifer
knowledge as well as the representativeness of the collected groundwater sample. The
reduced time-steps of the site characterization process combined with the high resolution
of the obtained results is crucial for stakeholders [25–28].

Recent studies demonstrated that this technique might be useful for estimating the
horizontal hydraulic conductivity (KH) of the aquifer and for strengthening the preliminary
site assessment, without further and expensive investigations [15,29,30].

The variability of groundwater flow along the well screen and the presence of vertical
flows may represent an issue [23,31,32]. This is mainly due to soil heterogeneities along
the screen that affects both the evaluated KH (a depth-weighted value) and the ground-
water sample characteristics (permeability weighted). Recent studies show that vertical
multiparameter well logs are a useful tool to assess soil heterogeneities and flow exchanges
in the well water column [33,34]. For this reason, in this study, multi-parameter vertical
logs combined with low-flow purging have been carried out in a landfill-monitoring net-
work (17 monitoring wells), to achieve a more in-depth site characterization. The results
obtained show that the use of a combined quali-quantitative approach could be helpful to
understand the flow regime better along the screen well, identifying possible outliers of the
low-flow proposed methodology for estimating aquifer KH, due to low-permeability layers.

2. Study Area and Geological Framework

The study area is in Italy, in the landfill of Borgo Montello, few kilometres far from
Latina, in the Latium Region (Figure 1). The location is in the southern portion of the
Roman countryside and on the southern slopes of the volcanic region of the Alban Hills.

The related hydrographic basin is that of the Astura River, which overall extends for
about 400 km2. Its length, from the northern part, located in the highest area of the Alban
Hills, is about 35 km. The Tyrrhenian Sea is about 10 km far from the study area, which is
near the so called “Agro Pontino”, a swampy wetland area, currently reclaimed with an
intense agricultural vocation and related high groundwater impacts [35].
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Figure 1. Borgo Montello landfill study area.

The presence of these morphological features is interconnected with a complex regional
geology, characterized by the pyroclastic soils and lavas of Alban Hills, whose boundaries
are difficult to delimit because they have been covered by more recent alluvial soils towards
the external part.

The “Agro Pontino” area represents a sector of the Plio-Pleistocene backdeep from
the Volsci Range that characterizes the central part of the Tyrrhenian border of the Italian
peninsula and for which important new studies have been performed at the regional
tectonic level [36,37].

The intense subsidence allowed the sedimentation of marine deposits, mainly clayey
formations, with a thickness of many hundreds of meters. Clayey formations, practically
impermeable, can be considered the regional groundwater basement. Hence, pyroclastic
rocks and tuffs, locally covered by sands, host the main aquifer of the area (Figure 2).

Their limited outcrop largely depends on the erosion process related to the overlying
sands. The presence of silty clayey levels may constitute local aquitards, whereas the base
aquiclude is related to the presence of the previously mentioned marine clay formations [38].
The landfill site is located few kilometres far from the small town of Borgo Montello. It
is divided in two waste disposal basins, protected by underground hydraulic barriers
(black contours in Figure 2) and surrounded by the monitoring well network, consisting of
17 points. The well depths are between 14.5 (minimum) and 41 m (maximum), whereas
monitoring point elevations range from 11 to 29.19 m asl. (Table 1). Based on the piezometric
surveys previously carried out, groundwater flow is locally directed NE-SW (Figure 2).
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Figure 2. Geological map and cross section of the landfill well monitoring network area.

Table 1. Coordinates (WGS84) and depth of the landfill monitoring wells.

ID
N-WGS84

(◦)
E-WGS84

(◦)
Depth

(m)
Altitude
(m asl)

Depth to
Water (m)

Water Table
(m asl)

MW1 41.4855 12.7661 34.0 28.11 13.7 14.41
MW2 41.4861 12.7635 20.0 22.76 8.8 13.96
MW8 41.4853 12.7678 40.0 28.58 15.8 12.78

MW15 41.4858 12.7711 41.0 28.77 15.6 13.17
MW31 41.4859 12.7641 30.0 23.19 10.4 12.79
MW17 41.4833 12.7695 37.0 22.22 9.3 12.92
MW19 41.4834 12.7627 36.0 29.19 17 12.19
MW20 41.4834 12.7639 25.0 24.86 14 10.86
MW21 41.4836 12.7587 20.0 11.04 1.3 9.74
MW22 41.4830 12.7583 14.5 11.23 1.2 10.03
MW33 41.4848 12.7597 30.0 32.6 21.8 10.8
MW35 41.4831 12.7610 30.0 25.17 14.4 10.77
MW36 41.4814 12.7681 33.0 26.88 14.7 12.18
MW37 41.4825 12.7697 37.0 28.99 16.2 12.74
MW38 41.4822 12.7658 40.0 28.41 16.8 11.56
MWE6 41.4805 12.7654 32.0 25.19 13.8 11.39

P43 41.4816 12.7615 33.5 26.70 15.87 10.83
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3. Materials and Methods

Instrumentation and Measurements

Monitoring and field data collection have been carried out in March 2022, from the 28th
to the end of the month. Both the low-flow purging technique and the multi-parametric
log measurements involved all the 17 monitoring wells around the landfill perimeter. The
depth to water was measured before purging started, and it was measured again, during
the procedure, at increasing time steps (1, 2, 4, 8, and 16 min) using a water level meter
instrument. A low-flow rate was achieved using a 12 v Proactive Hurricane submersible
pump with booster, allowing to obtain a minimum flow of 0.1 L/min (Figure 3).

  
(a) (b) 

Figure 3. Instrumentation used for well purging and groundwater sampling in low-flow conditions:
(a) 12 v battery and booster for pumping flow regulation; (b) water level meter and HANNA
HI7609829 multiparameter probe.

Flow-rates values have been manually measured, using a graduated vessel at known
volume and measuring the time to fill it. The values generally were within the usual range
of 0.1–1 L/min, even if in some cases, it has been possible to obtain stabilization of both
chemical-physical parameters and water level at higher flow-rates, due to the high perme-
ability of layers. Water temperature (T), electrical conductivity (EC), pH, dissolved oxygen
(DO) and Redox potential (ORP) were the groundwater chemical-physical parameters
measured, at the same time steps of the drawdowns. Their stabilization was determined in
the field using a HANNA HI7609829 probe and a flow cell, keeping groundwater with no
air contact during the reading (Figure 3).

The ranges defined for parameters’ stabilization between two successive readings
follow the specific thresholds suggested previously [39]. This allowed for the end of
purging activities and the beginning of water sampling for laboratory analyses. Regarding
the multiparameter logs, they have been executed with a Seba Hydrometrie 5 W MPS D8
Multiparameter probe. The depth measurement frequency was every one meter, waiting
at each step for parameter stabilization (Figure 3). The stabilized water level measured in
each well during the low-flow purging was used as an input data, as well as the well radius
and depth, for assessing aquifer horizontal hydraulic conductivity KH [15].

This methodology is mainly based on the Dupuit/Thiem theory for unconfined/confined
aquifers and its assumptions for steady-state groundwater flow to a fully penetrated
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well, which are supposed to be better respected in such flow conditions. Due to the
unknown value of the radius of influence, an iterative procedure is proposed using the
empirical Sichardt’s formula. The whole process of calculation is represented as a flow-chart
in Figure 4.

Figure 4. Flow-chart of the proposed methodology for KH estimation with low-flow purging.

Vertical flows may be considered mostly null compared to the horizontal ones, so, more
realistically, water can be assumed to move horizontally through the well screen length.
The hypothesis becomes less true in the case of non-homogeneous and/or anisotropic
aquifers with a series of overlapping low and high permeability layers, compromising KH
estimation results as well as the water sample characteristics. The aim of this study is to
verify and to quantify this deviation of results coming from the proposed method, with the
help of multiparameter well log measurements.

In Table 2, the main data referring to stratigraphy (top and bottom of the main ge-
ological layers), aquifer thickness and well construction information (well depth, screen
length and position) are presented for each monitoring point of the well network. The main
geological formations are pyroclastic soils, silty sands and silty clays, whose average KH
values are known from previous LeFranc tests carried on in the same site or from literature
(pyroclastic soil: 2 × 10−5 m/s; silty sands: 1 × 10−6 m/s; and silty clays: 1 × 10−8 m/s).
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Table 2. Static depth to water (DTW) measurements, screen position and length, and stratigraphic
data referred to monitoring points.

Well ID DTW Well Screen Unit Top Bottom Thickness

- (m) ZTOP (m) ZBOT (m) L (m) - (m) (m) (m)

MW33 21.82 6 30 24

pyroclastic soil 3.7 13.4 9.7
silty sand 13.4 20 6.6

pyroclastic soil 20 28.8 8.8
silty sand 28.8 30 1.2

MW37 16.18 6 36.5 30.5 pyroclastic soil 6.9 36.5 29.6

MW17 9.3 6 32 26
silty sand 9.2 12 2.8

pyroclastic soil 12 31.1 19.1
silty clay 31.1 32 0.9

MW15 15.5 20 39 19
silty clay 10.7 20 9.3

pyroclastic soil 20 30 10
silty sand 30 39 9

MW35 14.34 3 30 27
silty sand 4.6 15.4 10.8

pyroclastic soil 15.4 25 9.6
silty sand 25 28.3 3.3

MW20 13.92 3 25 22
silty sand 2.1 15 12.9

pyroclastic soil 15 22 7
silty sand 22 24.3 2.3

MW19 17.58 4 33.5 29.5
silty sand 9.2 17.3 8.1

pyroclastic soil 17.3 30 12.7
silty sand 30 33.5 3.5

MW31 10.56 2.8 22 19.2
pyroclastic soil 2.8 5 2.2

silty sand 5 12.9 7.9
pyroclastic soil 12.9 26.5 13.6

MW02 8.78 15 20 5
silty clay 11.5 13 1.5

pyroclastic soil 13 15 2
pyroclastic soil 15 20 5

MW01 13.6 20 24 4
silty clay 8 20 12

pyroclastic soil 20 24 4

MW08 15.75 18 34.6 16.6
silty clay 11.2 19.5 8.3

pyroclastic soil 19.5 32.2 12.7
silty sand 32.2 34.6 2.4

MW21 1.38 5 16.3 11.3
silty clay 5.1 10.1 5
silty sand 10.1 16.3 6.2

MW22 1.19 3 13.5 10.5
silty sand 4 7.8 3.8

pyroclastic soil 7.8 11.5 3.7
silty sand 11.5 13 1.5

MW36 14.52 10 33 19.5
silty sand 6 16.4 10.4

pyroclastic soil 16.4 31.5 15.1
silty sand 31.5 33 1.5

P43 15.87 12.7 33.5 20.8

silty sand 14.7 23 8.3
pyroclastic soil 23 26.4 3.4

silty sand 26.4 30 3.6
silty clay 30 33.5 3.5

MWE6 13.61 12.5 32 19.5

silty sand 11.2 20.4 9.2
pyroclastic soil 20.4 23.7 3.3

silty sand 23.7 28.8 5.1
silty clay 28.8 32 3.2

MW38 15.8 10 40 30
silty clay 16.1 20.1 4

pyroclastic soil 20.1 32.7 12.6
silty sand 32.7 40 7.3

Data presented in Table 2 show that, in the study area, the main aquifer is both in
confined and unconfined conditions, requiring a double approach for the procedure of KH
estimation, as represented in Figure 4. The choice of the aquifer type is simply defined by
comparing the depth to water (DTW) value and the well screen top (ZTOP).
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4. Results

The results obtained for saturated hydraulic conductivity coming from low-flow
purging (KLOW) are reported in Table 3. They have been compared with values coming
from Le Franc tests and averaged along the depth (KLEF). Both values, in fact, are referred
to average values weighted on different layer lengths along the well screen and below the
water table, as the total horizontal hydraulic conductivity of the aquifer is expressed by
using the following equation:

KH =
∑i Kihi

∑i hi

Table 3. Total KH results obtained for low-flow purging (KLOW) and LeFranc (KLEF) for monitoring
wells. The red values are for confined conditions while the black values are for unconfined conditions.

Well ID
KLEF

(m/s)
KLOW (m/s)

Q
(L/min)

Q
(m3/s)

ΔH
(m)

Q/ΔH
(m2/s)

ΔH/H
(−)

MW33 1.72 × 10−5 1.01 × 10−5 2 3.33 × 10−5 0.28 1.19 × 10−4 0.03
MW37 2.00 × 10−5 1.74 × 10−5 2 3.33 × 10−5 0.06 5.56 × 10−4 0.00
MW17 1.69 × 10−5 1.22 × 10−5 2 3.33 × 10−5 0.06 5.56 × 10−4 0.00
MW15 1.10 × 10−5 1.37 × 10−5 2 3.33 × 10−5 0.15 2.22 × 10−4 0.01
MW35 1.41 × 10−5 8.35 × 10−6 2 3.33 × 10−5 0.19 1.75 × 10−4 0.01
MW20 1.38 × 10−5 1.55 × 10−5 2 3.33 × 10−5 0.12 2.78 × 10−4 0.01
MW19 1.59 × 10−5 9.56 × 10−6 2 3.33 × 10−5 0.13 2.56 × 10−4 0.01
MW31 1.82 × 10−5 1.09 × 10−5 2 3.33 × 10−5 0.14 2.38 × 10−4 0.01
MW02 2.00 × 10−5 2.98 × 10−5 2 3.33 × 10−5 0.15 2.22 × 10−4 0.03
MW01 2.00 × 10−5 1.60 × 10−5 2 3.33 × 10−5 0.40 8.33 × 10−5 0.10
MW08 1.70 × 10−5 5.15 × 10−6 2 3.33 × 10−5 0.22 1.52 × 10−4 0.01
MW21 5.58 × 10−7 3.94 × 10−7 0.3 5.00 × 10−6 0.65 7.69 × 10−6 0.06
MW22 8.81 × 10−6 1.46 × 10−5 1 1.67 × 10−5 0.05 3.33 × 10−4 0.00
MW36 1.65 × 10−5 2.08 × 10−5 2 3.33 × 10−5 0.06 5.56 × 10−4 0.00

P43 4.47 × 10−6 1.51 × 10−5 2 3.33 × 10−5 0.07 4.76 × 10−4 0.00
MWE6 4.24 × 10−6 2.49 × 10−5 2 3.33 × 10−5 0.04 8.33 × 10−4 0.00
MW38 1.09 × 10−5 5.31 × 10−6 2 3.33 × 10−5 0.47 7.09 × 10−5 0.05

Four classes related to different correlation degrees have been defined, to quantify the
number of wells in which K values, obtained with the proposed method, better match with
the results of the LeFranc test, as follows:

• Low correlation for |KLEF − KLOW| > 1 order of magnitude (o.m.);
• Medium correlation for 0.5 < |KLEF − KLOW| < 1 o.m;
• High correlation for 0.25 < |KLEF − KLOW| < 0.5 o.m;
• Very high correlation for |KLEF − KLOW| < 0.25 o.m.

About 75% of the K values results showed a high correlation with the average LeFranc
test results, whereas no results showed a low correlation, i.e., over 1 o.m. different (Figure 5a).
In particular, poor results were obtained for MWE6, P43 and MW08 wells (medium class)
and, to a lesser extent, for MW38 (high class) (Figure 5b).

Results from well multiparameter logs have been coupled with stratigraphy and
low-flow purging data for each chemical-physical parameter measured. As expected,
temperature (T) was not so useful to assess the heterogeneities, due to the slight changes of
values along the screen as well as the almost immediate stabilization during the purging
operation. Regarding dissolved oxygen (D.O.), the measured values were very different
between the two different probes used for logs and purging, probably due to incorrect
calibration; therefore, these values could not be compared.
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(a) (b) 

Figure 5. Correlation results between permeability values estimated with the low-flow methodology
(KLOW) and values obtained with the LeFranc tests (KLEF).

Hence, the base product of results obtained via this approach is presented in Figures 6–8,
where coupled logs and purging data are referred to EC, and pH and ORP parameters,
respectively, for MWE6, P43, MW08 and MW38 wells. These wells present high soil
heterogeneity along the screen. Figures 9–11 present the results of wells with lower soil
heterogeneity along the screen (MW19, MW33, MW35 and MW36).

 

Figure 6. Layout of coupled log-purging (z-t) EC results for high-heterogeneity well types (MWE6,
P43, MW8 and MW38).
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Figure 7. Layout of coupled log-purging (z-t) pH results for high-heterogeneity well types (MWE6,
P43, MW8 and MW38).

 

Figure 8. Layout of coupled log-purging (z-t) ORP results for high-heterogeneity well types (MWE6,
P43, MW8 and MW38).
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Figure 9. Layout of coupled log-purging (z-t) EC results for low-heterogeneity well types (MW19,
MW33, MW35 and MW36).

 

Figure 10. Layout of coupled log-purging (z-t) pH results for low-heterogeneity well types (MW19,
MW33, MW35 and MW36).

In the left side of the layout, soil stratigraphy is represented for the different wells
considered, as well as the screen length (grey horizontal lines) and the saturated zone (light
blue arrows). Below this, a small geological legend contains soil types and permeability
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values of the geological formation (obtained using LeFranc tests). In the central chart,
multiparameter log results are presented for wells taken into account.

 

Figure 11. Layout of coupled log-purging (z-t) ORP results for low-heterogeneity well types (MW19,
MW33, MW35 and MW36).

The pump depth (coloured circle on the log trend) was about 20 m for each well (except
for MW36) and can be considered as the “starting point” for the following step of measuring
parameters during low-flow purging over time (right side of Figures). In the purging step,
the stabilization of parameters was assumed to be obtained only when differences between
two subsequent readings did not exceed the specific thresholds proposed previously [39].

To graphically show this aspect, two dashed green lines, representing the maximum
and minimum values of stabilization criterion, outline the range of acceptance. The points
falling outside this range are red coloured and indicate no stabilization of the specific
parameter considered.

5. Discussion

The obtained results clearly show that low-flow purging piezometric data, collected
during the groundwater monitoring activities, can be used for the assessment of horizontal
hydraulic conductivity of the aquifer investigated. Almost 75% of the estimations highly
match with the permeability values obtained from the LeFranc test results, calculated as a
weighting average along the saturated zone of the well screen. Regarding the remaining 25%
of values, even if the values showed lower correlations (high and medium), the deviations
from the LeFranc test values were never greater than one order of magnitude (o.m.). Lower
correlated results of the proposed methodology have been obtained in MWE6, P43, MW08
and MW31 wells, in which soil heterogeneity due to low-permeability layers along the well
screen was much more marked. This fact is reflected by a sharp decrease or increase in
some physical-chemical parameters at the interface between the low- and high-permeability
layers, suggesting that both drawdown and parameter stabilization may become much
more difficult in these conditions, especially depending on the pump position. This is
confirmed by unstable parameter values measured during purging operations (Figures 6–8),
thereby highlighting that, even in high-permeability aquifers, as it is in this case study,
the presence of thin low-permeability layers could affect the purging procedure in terms
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of time and costs. Instead, relatively homogeneous portions of the aquifer (maximum
about 1 o.m. from layer to layer along the well screen) presented better results in terms of
permeability (KH) estimation and parameters’ stabilization (Figures 9–11), showing almost
vertical profiles of multi-parameter log results. Therefore, using these latter values, it is
possible to correlate the geological heterogeneity with physical-chemical variation along
the well screen, after which the pump position can be chosen to correctly intercept the main
aquifer flow, sometimes not involving low-permeability layers and reducing the purging
time a priori. In this study, pH was the most useful parameter for detecting layer KH
variations along the well screen, even if D.O. was not considered due to the issues related
to instrumentation, as mentioned in Section 4.

Starting from the idea proposed by Harte et al. (2021) [40], who defined a heterogeneity
factor (HF) for the use of his purging analyser tool (PAT), a new similar parameter has
been defined in this study, considering not only the variability of permeability, but also
the number of overlapping layers with different KH and the saturated screen length. In
this way, the heterogeneity is dependent on the monitoring well construction and the
undisturbed groundwater level.

The heterogeneity factor along the well screen depends on the number of layers (i)
and their permeability values (K), and it is defined as it follows:

FH = log10

(
maxKi
minKi

)
· i
LSS

where LSS is the saturated screen length, calculated as:

LSS =

{
LT (Confined)

ZBOT − DTW (Unconfined)

Hence, the LSS is the total screen length (LT) in case of confined aquifer conditions, and
equal to the difference between the bottom well depth (ZBOT) and depth to water (DTW) in
case of unconfined conditions.

The FH calculated for monitoring wells and the correlation between the results coming
from the LeFranc tests and the proposed method was good (Figure 12). Whether the
stratigraphy is known, the use of this factor prior to the purging operations, even using
approximate KH values of geological layers, might help to individuate those monitoring
wells where permeability estimation and physical-chemical parameter stabilization will be
difficult to achieve.

Figure 12. Graphical comparison between horizontal hydraulic conductivity precision and the
proposed heterogeneity factor FH for each monitoring well.
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6. Conclusions

Starting from previous research works that demonstrated the reliability of low-flow
purging data for the estimation of soil horizontal hydraulic conductivity (KH), this study
aimed to focus on eventual weaknesses of the methodology proposed by De Filippi et al.
(2020) [15] in the case of high geological heterogeneity along the well screen. Coupling
drawdowns and depth multiparameter values obtained with well logs, the results showed
that the precision of the proposed method is somehow related to both the geological
heterogeneity and well screen design. In high-permeability aquifers, where also purging
rates higher than 1 L/min can be used, the presence of low-permeability layers could affect
both quantitative and qualitative results. Therefore, in the case of several overlapping
layers with different KH values, the position of the pump plays a key role in the precision
of this parameter estimation, as well as in reducing/raising purging time, with a cascading
effect on permeability-weighted samples collected. Multiparameter well logs, carried out
before the procedure, could be very helpful to detect the interface between high- and
low-permeability layers, usually suggested by a sharp decrease/increase in some specific
parameters along the well screen. In this specific study, temperature (T) was not useful for
the mentioned purposes, whereas pH was the best parameter for detecting the layers’ KH
variations along the well screen.

To support the procedure steps of low-flow purging and sampling, a heterogeneity
factor, which takes into account both the soil and the screen characteristics as well as
the geological features, has been defined. The use of this factor, prior to field work,
can be helpful to know which monitoring wells require more attention, possibly with
multiparameter log execution, or by being careful about the pumping depth that should be
chosen based on well stratigraphy and screen knowledge.

Future studies will improve the knowledge of the KH estimation technique using low-
flow purging data as well as the parameters’ behaviour during the procedure in different
hydrogeological contexts, continuing with a quali-quantitative approach. The position of
the pump along the well screen and its effects should be furthermore studied and verified
with measurements during the field work. The objective will be providing depth profiles of
parameters changing over time during the low-flow purging and comparing them with the
results of a dedicated FEM model.
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Abstract: Adsorption and desorption processes occurring on suspended and bed sediments were
studied in two datasets from western Europe watersheds (Meuse and Mosel). Copper and zinc
dissolved and total concentrations, total suspended sediment concentrations, mass concentrations,
and grain sizes were analyzed. Four classes of mineral particle size were determined. Grain size
distribution had to be considered in order to assess the trace metal particulate phase in the water
column. The partitioning coefficients of trace metals between the dissolved and particulate phases
were calculated. The objective of this study was to improve the description of the processes involved
in the transportation and fate of trace metals in river aquatic ecosystems. Useful data for future
modelling, management and contamination assessment of river sediments were provided. As it
is confirmed by a literature review, the copper and zinc partitioning coefficients calculated in this
study are reliable. The knowledge related to copper and zinc (e.g., partitioning coefficients) will
allow us to begin investigations into environmental modelling. This modelling will allow us to
consider new sorption processes and better describe trace metal and sediment fates as well as
pressure–impact relationships.

Keywords: trace metals; sediment contamination; watershed; partitioning coefficient; water
quality; modelling

1. Introduction

The sediments in large rivers are often considered as a quantitative issue associated
with erosion, hydromorphology, etc. However, these sediments are carrying organic and
mineral pollutants, so that they can be sources of pollution [1]. The description of the
processes that determine the transportation of particulates and dissolved matter in the
hydrographic network is of primary importance to characterize pollution emerging from
elements with high speciation. A micropollutant is defined as a substance detectable in the
environment at very low concentrations (microgram per liter or even nanogram per liter).
Very low concentrations of these substances can cause negative effects on living organisms
depending on their toxicity, persistence and/or bioaccumulation [2]. Micropollutants are
a major issue in the management of surface water quality around the world [3–5]. The
biogeochemical processes and the loads from the watershed that modulate micropollutant
concentrations have received considerable attention in recent literature. Mathematical
modelling helps to simulate the fate and transportation of micropollutants and supports
water quality management decisions [3].

Several international environmental organizations consider sediment contamination
as a major risk in aquatic environments because heavy metals remain in the environment
as micropollutants of high toxicity [1].

The chemical forms (free ions, bound complexes, etc.) of trace metals are controlled by
the physicochemical and biological characteristics of the system. Their mobility, transporta-
tion and partitioning in natural river systems (including water columns and sediments)
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involve very complex processes that depend on the physicochemical properties of the
contaminants, water and sediments [6]. Major variations of these forms and concentrations
are due to the biogeochemical processes which drive speciation reactions. The dissolved
concentrations of these elements depend on their interactions with solid components in the
sediment, trough adsorption/desorption and dissolution/precipitation reactions coupled
to complexation, acidification or redox reactions.

The chemical speciation is reported as the distribution of an element amongst defined
chemical species in a system [7]. Trace metals are highly persistent in sediments since
they cannot be degraded. Once they have entered an aquatic ecosystem, trace metals
are involved in biogeochemical processes and distributed under many different chemi-
cal forms. Their reactivity is (i) determined by their interaction with a large variety of
inorganic and organic compounds and (ii) controlled by interdependent acid–base, redox,
complexation, adsorption, and precipitation reactions [8]. Trace metals interact with a
broad spectrum of biotic and abiotic components via dynamic interrelated processes. As a
result, they exist in different forms such as free uncomplexed ions, bound to small inorganic
or organic ligands, particles, or inorganic or organic colloids, with different reactivity and
biological availability [8].

This study focused on Cu and Zn (dissolved and inorganic forms) while interacting
with water columns and sediments. The characterization of the dissolved and particulate
forms is also a challenge [9]. Attention has to be paid to the solid–liquid partitioning
coefficient of trace metals [10]. The partitioning of trace metals between the particulate
concentration and dissolved concentration in the water column, expressed as the partition
coefficient (Kd), depends on the chemical processes affecting the trace metal phases. Most
elements have been documented [11].

The form of a trace metal is one of the major factors for the characterization of some
specific pollution. It influences trace metal behavior, ability to sediment, and downstream
transportation (depending on the flow velocity and other hydrodynamic conditions of
the watercourse).

Particles in a river can be divided into two parts, permanently suspended particles
and settleable particles, depending on their grain size and density as well as the flow
conditions. The bed sediment is an integral part of a river which also constitutes a sink for
metals [1]. After sedimentation on the riverbed, the particles can return to suspension in
the water column and may lead to the redistribution of trace metals between the particulate
and dissolved phases [10]. Particularly, it is believed that fine sediments of an aquatic
system, such as silts and clays, are of extreme importance in the trace metal transportation
due to their relative high surface area and their physicochemical properties facilitating
then their capacity to adsorb substances [1]. Suspended particles in the water column are
usually in a temporary state of exchange with the bed sediment reservoir. On one hand,
the hydrodynamic processes of sedimentation, resuspension and generation of particles,
coupled with their high reactivity, play a key role in the availability, transportation and
fate of metals in the aquatic environment. On another hand, variable physicochemical
characteristics, adsorption and desorption reactions and mixing processes influence the
particulate metal concentrations [12,13].

The goals of this paper were to (1) improve the description of the processes involved
in the transportation and fate of trace metals in the river ecosystem, (2) estimate the
partitioning coefficient of trace metals between the dissolved and particulate phases, and
(3) provide useful data for water quality management [14], i.e., European Water Framework
Directive 2000/60/EC [15], and the assessment of river sediments.

We decided to investigate two large basins in Western Europe: the Meuse District and
the Mosel Basin (tributary of the Rhine). They are representative of the European aquatic
ecosystem by their typology, hydromorphology and associated pressures.
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2. Materials and Methods

2.1. Study Areas

The first investigated basin was the Meuse International District, located in Western
Europe (Figure 1).

Figure 1. Map of the International River Basin District of the Meuse (France (F), Belgium (B),
GD Luxembourg (GDL), Germany (G), the Netherlands (NL)). The Meuse River is marked in a
light blueline, deep blue lines represent tributaries, red lines are the borders and yellow line is the
International River Basin District boundary.

The Meuse River, which flows from the South to the North, has its source in France,
near the Plateau de Langres. The Meuse length is 905 km, and its entire catchment has an
area of 34,564 km2.

The study site was the Eijsden measurement station, located at the Belgian–Dutch
border, at the 617 km point. At this point, the Meuse has a watershed of 20,554 km2 and
a characteristic low flow (i.e. daily flow not reached more than 10 days per year, the
2.7 percentile, 10/365), estimated to be 54.7 m3/s for the year 2021 [16]. The trace metals
studied in this paper were copper and zinc. The natural background concentrations are
generally about 0.06 μg/L [17] and 0.7–10 μL/L [18] in unpolluted river water, respectively,
depending on the lithology of the bedrocks. The Cu and Zn average concentrations
measured at Eijsden (~3 μg/L and ~20 μg/L, respectively, for the period 2002–2020) were
higher than the lower thresholds provided from anthropogenic sources [19]. These values
allowed us to estimate the flux, at this point, of Cu about 5175 kg/an and Zn about
34,500 kg/an.

The French part of the watershed is managed by the Rhine–Meuse Water Agency and
the Artois–Picardie Water Agency. The Meuse crosses the Walloon region (in Belgium) and
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the Netherlands, to flow towards the North Sea, south of Rotterdam. Some tributaries of the
Meuse have their sources in the Grand Duchy of Luxembourg, in France (Artois-Picardie
Water Agency), in the Flemish region (Belgium) and in Germany.

The French part of the Meuse River basin is essentially agricultural and forest. The
Belgian part of the basin becomes more urban and industrial, up to the Netherlands [20–24].
The Meuse River is then canalized and used for navigation and goods transportation.

The Mosel, the second investigated watershed, is a part of the Mosel–Saar Transna-
tional Basin, located in Western Europe (Figure 2).

Figure 2. Map of the Mosel–Saar Transnational Basin (France, GD Luxembourg and Germany). The
Mosel (at the West) and Saar (at the East) rivers are marked in dark bluelines, light blue lines represent
tributaries, red lines are the borders and yellow line is the International Mosel-Saar Basin boundary.

The Mosel has its source in France where it is managed by the Rhine-Meuse Water
Agency. Its length is 544 km long and its entire catchment has an area of 28,286 km2. The
study reach was 314 km upstream located in France. At the French outlet, the Mosel has
a watershed of 11,280 km2. Low flow (i.e. monthly minimum flow reached once every
five years; statistical flow that gives information on the severity of the low flow) of the
Mosel at this point is about 31.6 m3/s [25]. The Cu and Zn annual fluxes are estimated at
13,000 kg/an and 30,000 kg/an, respectively [26].

The Mosel streams towards the GD Luxembourg and Germany, and flows into the
Rhine at Koblenz (Germany). The Mosel is canalized from Nancy (150 km from its source).
The Mosel watershed is mainly agricultural and forest. Urbanized and industrial areas are
developed on the downstream part of the basin [27,28].

2.2. Data

The Meuse and the Mosel are well-instrumented watercourses. They provided the
two separately datasets used in this study.

In the Meuse District, the Eijsden measurement station monitors daily water quality
(Supplementary Materials, Figure S1). These measurements are freely downloadable on
the website of the Rijkswaterstaat, Ministerie van Infrastructuur en Waterstaat [19].
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Decades of weekly measurements of the dissolved and total concentrations of several
substances are also downloadable. Total suspended sediment (SS) concentrations, mass
concentrations of total SS, grain size (percentages of SS < 2 μm, < 16 μm and < 63 μm)
are available.

The dissolved and total concentrations of copper and zinc decreased in the Meuse
between the two periods illustrated in Figure 3. For the period 2002–2012, the values of
total and dissolved copper concentrations ranged from 0.8 to 98 μg/L and 0.78 to 16 μg/L,
respectively. The median value of the total and dissolved copper concentrations were
2.73 μg/L and 1.57 μg/L, respectively, and the average value of the total and dissolved
copper concentrations were 3.70 μg/L and 1.74 μg/L, respectively. For the same period,
the values of the total and dissolved zinc concentrations ranged from 4.7 to 533.0 μg/L
and 1.0 to 110.0 μg/L, respectively. The median value of the total and dissolved zinc
concentrations were 18 μg/L and 7 μg/L, respectively, and the average value of the total
and dissolved zinc concentrations were 26.38 μg/L and 9.53 μg/L, respectively. For the
period 2013–2020, the values of the total and dissolved copper concentrations ranged
from 1.08 to 34.1 μg/L and 0.77 to 6.21 μg/L, respectively. The median value of the total
and dissolved copper concentrations were 1.95 μg/L and 1.37 μg/L, respectively, and
the average value of the total and dissolved copper concentrations were 2.52 μg/L and
1.44 μg/L, respectively. For the same period, the values of the total and dissolved zinc
concentrations ranged from 2.09 to 143.0 μg/L and 1.42 to 18.1 μg/L, respectively. The
median value of the total and dissolved zinc concentrations were 9.76 μg/L and 4.17 μg/L,
respectively, and the average value of the total and dissolved zinc concentrations were
14.35 μg/L and 4.69 μg/L, respectively. This represented an average reduction in the total
copper and zinc of 31.9% and 45.6%, respectively.

Figure 3. Copper and zinc dissolved and total concentrations at Eijsden station (Meuse) over the
period 2002–2012 (left part of the figure) and over the period 2013–2020 (right part of the figure).

On the French Mosel watershed, the water quality is monitored by the Rhine–Meuse
Water Agency and the measurements are freely downloadable on the website of the
Agency [29]. The dissolved and total copper and zinc concentrations are available for
the years 2012–2019 from about 20 stations of the monitoring network. Adsorbed copper
and zinc mass concentrations on bed sediment (particles < 2 mm) and on suspended sed-
iments (particles < 2 mm) are available for the years 2012–2017 (no data were available
between 2017 and 2019) from six stations of the monitoring network.

For both investigated basins, in the “Inventories of emissions, losses and discharges in
the Rhine–Meuse basin” [26] and “Etat des Lieux” [30], copper and zinc are inventoried
as pollutant substances with a high toxic risk and their fluxes are among the ten largest
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emitted flows in the Rhine–Meuse basin. In this study, we decided to focus on copper and
zinc for the Meuse and Mosel basins.

2.3. Methodology

Trace metals and sediments represent a major threat to the quality of river surface waters.
The chemical speciation of trace metals plays an important role in geochemistry and

determines to a large extent their mobility, toxicity and bioavailability [31]. As it may vary
continuously in space and time, measurements of the total metal concentrations are not
sufficient to entirely describe the fate, biological effects and environmental impact of trace
metals. The measurement of relevant specific metal species or groups of homologous metal
species and their variation as a function of time is essential [8].

The present study focused on the complexation and adsorption processes of two
metals (copper and zinc) to inorganic particles. The objective was to establish geochemical
coefficients characterizing Cu and Zn trace metals in a river ecosystem. In order to be
used in model working at the watershed scale, partitioning coefficients were calculated,
considering trace metals as inert tracers and simulating them by applying mass–balance
relationships in the rivers [32]. The trace metals behavior is strongly linked to the particles.
Sedimentation and resuspension are two ubiquitous processes in a natural river. These
processes may lead to the redistribution of trace metal concentrations between their partic-
ulate and dissolved phases in the water column and on the river bed [10,13,33], acting like
a sink or a source of contamination [34].

The data acquirement comprised raw data extraction of targeted trace metals from
recent monitored years. Data importation into spreadsheets enabled scientific consistency
to check using algorithms developed on our own digital platforms: the consistency of the
units, exclusion of periods without values, statistical processing, etc.

The first method was adapted to the large weekly dataset available at Eijsden. Copper
and zinc mass concentrations of the suspended sediment (SS) were calculated by grain size,
knowing the percentage of each grain size class and the total metal mass concentrations.
These mass concentrations were used to calculate partitioning coefficient by grain size,
divided by the dissolved metal concentrations. Based on these weekly results, statistics
(median and average values) were then calculated to estimate the copper and zinc parti-
tioning coefficients for the two selected periods (2002–2012 and 2013–2020). Note that the
logarithmic values of the partitioning coefficients were compared to the literature data.

The second method was adapted to the dataset available for the Mosel River. Copper
and zinc partitioning coefficients were calculated on one grain size class, less than 2 mm,
for SS and BS, using monthly dissolved and mass concentrations. Statistics (median and
average values) were calculated to estimate the copper and zinc partitioning coefficients of
the SS (period 2012–2019) and bed sediment (BS) (period 2012–2017).

Four classes of fine mineral suspended sediments were considered (Table 1), according
to Fournier et al. [35], who compiled data from Wenthworth [36], Friedman and Sanders [37],
and Blott and Pye [38]:

Table 1. Classification of the mineral suspended sediments.

Classes Diameters Range (μm) Average Diameters (μm)

Clays <2 1
Fine Silts 2 → 16 9

Coarse Silts 16 → 63 40
Sand 63 → 250 157

Generally, the concentrations of trace metals in sediments (SS and BS) are mainly
influenced by fine particles [10]. The smaller the particle size, the higher the surface
area/volume ratio (and also the surface area/weight ratio): the concentration of metals in
sediments (expressed in mg/kg) is therefore higher for small particles.
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Metal partitioning coefficients, Kd, have been widely used to describe the distribu-
tion of metals between solid and solution phases in a number of fate and transportation
models [32,39–41]. In this study, sorption processes were represented by a partitioning
coefficient that is expressed as follows:

Kd = Css / Cw

where Css is the metal particulate concentration per mass (mg/kg) and Cw is the dissolved
metal concentration per volume (mg/m3).

The dissolved metals in the water column are transported by the advection and dis-
persion processes. The metals in the particulate phase are also governed by sediment
dynamics (transport, settling processes, etc.). Metals behavior in water is strongly influ-
enced by sorption kinetics. Regarding the spatio-temporal scales of the involved processes
and parameters (temperature, pH, etc.), we can assume pseudo-steady-state conditions
while calculating Kd coefficients [1,42].

3. Results and Discussion

3.1. Spatial Variation of Dissolved and Particulate Metal Concentrations in the Meuse and
Mosel Watersheds

Beyond the classical parameters, trace metals are among the pollutants that should be
monitored in order to obtain a coherent and comprehensive overview of the quality status
of an aquatic system [13]. The dissolved fraction of metals is usually lower in natural water
but is believed toxic to aquatic organisms and humans. They are also easily absorbed by SS,
so attention has been paid to the solid–liquid partitioning coefficient of trace metals [10].

3.1.1. The Meuse Watershed

Fluxes of macro- and micropollutants were estimated at the outlet of the Meuse River
at the French border during the inventory of environmental data [30]. The dissolved/total
ratio, estimated from measurements at the monitoring stations (period 2017–2019), of Cu
and Zn were 0.84 and 0.50, respectively (at Givet, 485 km on the Meuse River).

At Eijsden (Meuse River, 617 km), the period containing the most measurements
covers years from 2002 to 2012. Then, this set of data was used in this study. There are
measurements of Cu and Zn mass concentrations on the total SS, total SS concentrations,
and percentages of SS < 2 μm, < 16 μm and < 63 μm.

Figures 4 and 5 show the Cu and Zn mass concentrations at Eijsden (Meuse River) on
the SS for particles of average diameter equal to 1 μm (clays), 9 μm (fine silts) and 40 μm
(coarse silts).

At Eijsden, for the period 2002–2012, the values of the copper mass concentrations
on clays and fine silts ranged from 77.19 to 1898.92 mg/kg and 8.58 to 210.99 mg/kg,
respectively. The median values of the copper mass concentrations in clays and fine
silts were 361.60 mg/kg and 40.18 mg/kg, respectively, and the average values of the
copper mass concentrations on clays and fine silts were 449.63 mg/kg and 49.96 mg/kg,
respectively. The values of the zinc mass concentrations in clays and fine silts ranged from
847.78 to 14,588.48 mg/kg and 94.20 to 1620.94 mg/kg, respectively. The median values of
the zinc mass concentrations on clays and fine silts were 2981.39 mg/kg and 331.27 mg/kg,
respectively, and the average values of the zinc mass concentrations on clays and fine silts
were, respectively 3376.15 mg/kg and 375.13 mg/kg.

The copper mass concentrations decreased after the end of 2010 (Supplementary
Materials, Figure S2). The same observation was noted for zinc concentrations. These
observations were potentially due to the reduction in metal release into the environment.
Nevertheless, it is necessary to strengthen this study on the reduction in trace metal releases
into surface water in occidental regions to assert this hypothesis.
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Figure 4. Copper mass concentrations (mg/kg) at Eijsden (Meuse river) of the suspended sedi-
ment:clays = particles < 2 μm (average diameter = 1 μm), fine silts = 2 μm < particles < 16 μm (average
diameter = 9 μm) and coarse silts = 16 μm < particles < 63 μm (average diameter = 40 μm). The top
figure’s y-axis scale from 0 to 2000 mg/kg; the bottom figure’s y-axis scale from 0 to 200 mg/kg.
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Figure 5. Zinc mass concentrations (mg/kg) at Eijsden (Meuse river) of the suspended sediment:
clays = particles < 2 μm (average diameter = 1 μm), fine silts = 2 μm < particles < 16 μm (average
diameter = 9 μm) and coarse silts = 16 μm < particles < 63 μm (average diameter = 40 μm). The top
figure’s y-axis scale from 0 to 10,000 mg/kg; the bottom figure’s y-axis scale from 0 to 3000 mg/kg.

3.1.2. The Mosel Watershed

Fluxes of micropollutants were estimated at the outlet of the Mosel River in France
(at Sierck, 309.4 km along the river) during the inventory of environmental data [26].
The dissolved/total ratios, estimated from measurements at monitoring stations (period
2017–2019), for Cu and Zn were 0.78 and 0.57, respectively.
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Figure 6 shows the dissolved and total Cu concentrations (in μg/L) in the water
column along the Mosel River. For the years 2012–2019, the values of the dissolved Cu
concentrations ranged from 0.19 to 9.69 μg/L. The median value of the dissolved Cu
concentrations was 1.0 μg/L and the average value of the dissolved Cu concentrations was
1.88 μg/L. Over the period 2017–2019, the values of the total Cu concentrations ranged
from 0.42 to 4.48 μg/L. The median value of the total Cu concentrations was 1.08 μg/L
and the average value of the total Cu concentrations was 1.71 μg/L. This figure shows
the adsorbed Cu mass concentrations on the bed sediment (particles < 2 mm) and on the
suspended sediment (particles < 2 mm) along the Mosel River, for the years 2012 to 2017.
The values of the adsorbed Cu mass concentrations on the bed sediment and suspended
sediment ranged from 7.27 to 256.80 mg/kg and 12.0 to 650.0 mg/kg, respectively. The
median value of the adsorbed Cu mass concentrations on the bed sediment was 31.1 mg/kg.
The median value of the adsorbed Cu mass concentrations on the suspended sediment
was 69.0 mg/kg. The average value of the adsorbed Cu mass concentrations on the bed
sediment was 47.63 mg/kg. The average value of the adsorbed Cu mass concentrations on
the suspended sediment was 148.47 mg/kg.

Figure 6. (A) Dissolved copper concentrations (blue crosses, μg/L, years 2012 to 2019) and total
copper concentrations (orange circles, μg/L, years 2017 to 2019) in the water column along the Mosel
river (from the source to the French border, in km), and (B) adsorbed copper mass concentrations on
the bed sediment (blue crosses, mg/kg, particles < 2 mm) and adsorbed copper mass concentrations
on the suspended sediment in the water column (orange circles, mg/kg, particles < 2 mm) along the
Mosel river (from the source to the French border, in km), from the year 2012 to 2017.
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Figure 7 shows the dissolved and total Zn concentrations (in μg/L) in the water
column along the Mosel River. For the years 2012 to 2019, the values of the dissolved
Zn concentrations ranged from 0.93 to 110.0 μg/L. The median value of the dissolved Zn
concentrations was 2.83 μg/L and the average value of the dissolved Zn concentrations
was 4.25 μg/L. Over the period 2017–2019, the values of the total Zn concentrations ranged
from 1.0 to 17.7 μg/L. The median value of the total Zn concentrations was 2.97 μg/L
and the average value of the total Zn concentrations as 3.92 μg/L. This figure shows also
the adsorbed Zn mass concentrations on the bed sediment (particles < 2 mm) and on
the suspended sediment (particles < 2 mm) along the Mosel River, for the years 2012 to
2017. The values of the adsorbed Zn mass concentrations on the bed sediment and on
the suspended sediment ranged from 63.7 to 1183.26 mg/kg and 120.0 to 770.0 mg/kg,
respectively. The median value of the adsorbed Zn mass concentrations on the bed sediment
was 177.2 mg/kg. The median value of the adsorbed Zn mass concentrations on the
suspended sediment was 273.35 mg/kg. The average value of the adsorbed Zn mass
concentrations on bed sediment was 236.17 mg/kg. The average value of the adsorbed Zn
mass concentrations on the suspended sediment as 331.66 mg/kg.

Figure 7. (A) Dissolved zinc concentrations (blue crosses, μg/L, years 2012 to 2019) and total zinc
concentrations (orange circles, μg/L, years 2017 to 2019) in the water column along the Mosel river
(from the source to the French border, in km), and (B) adsorbed zinc mass concentrations on the bed
sediment (blue crosses, mg/kg, particles < 2 mm) and adsorbed zinc mass concentrations on the
suspended sediment in the water column (orange circles, mg/kg, particles < 2 mm) along the Mosel
river (from the source to the French border, in km), from the year 2012 to 2017.
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The zinc concentrations were higher than the copper concentrations in the water
column and on the sediments. The data analyses demonstrated that both Cu and Zn
were more adsorbed by the suspended sediment than the bed sediment, due to the higher
proportion of fine particles in the suspended sediment (coarser particles settling first).

3.2. Partitioning Coefficients of Metals between Water and Suspended Sediment

The partitioning coefficient provides empirical information regarding the combined
effects of heterogeneous reactions on the solid/solution distribution of each trace metal [43].
A high Kd value indicates a strong affinity of the material for the particulate phase [10].
Suspended and bed particle size play a significant role in controlling particulate metals in
the river. The smaller the particle size, the higher the content of trace metals [10].

At Eijsden (Meuse River), large copper and zinc datasets were analyzed from 2002
to 2012. The lgKd (logarithm of Kd) values of Cu and Zn (Figure 8), for total SS, ranged
from 3.6 to 5.8 L/kg and 3.6 to 6.1 L/kg, respectively, with average values of 4.9 L/kg and
5.1 L/kg, respectively, and median values of 4.9 L/kg and 5.1 L/kg, respectively. All the
lgKd values were higher than 3, indicating the strong adsorptive capacity of these trace
metals for the SS in the Meuse River.

Figure 8. Partitioning coefficients (lgKd) of copper (upper graph) and zinc (lower graph) at Eijsden
(Meuse). The blue line indicates the lgKd calculated for total SS, the orange line indicates the lgKd
calculated for clays, the grey line indicates the lgKd calculated for fine silts, the yellow line indicates
the lgKd calculated for coarse silts. The horizontal lines correspond to the median of lgKd for each
class of particles.
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Regarding particle size, the lgKd values of Cu and Zn were higher for clays and
ranged from 4.1 to 6.4 L/kg and from 4.5 to 6.7 L/kg, respectively, with average values
of 5.4 L/kg and 5.6 L/kg, and median values of 5.3 L/kg and 5.6 L/kg, respectively. For
fine silts, values ranged from 3.1 to 5.5 L/kg and from 3.6 to 5.7 L/kg, respectively, with
average values of 4.4 L/kg and 4.6 L/kg, and median values of 4.4 L/kg and 4.6 L/kg,
respectively. For coarse silts, values ranged from 2.5 to 4.8 L/kg and from 2.9 to 5.1 L/kg,
respectively, with average values of 3.7 L/kg and 4.0 L/kg, and median values of 3.7 L/kg
and 4.0 L/kg, respectively.

Figure 8 shows the high variations of lgKd with time indicating that the instantaneous
equilibrium is a theoretical assumption. The Kd depends on chemical processes affecting
trace metal speciation. It is far from constant: it varies depending on the chemical composi-
tion of the water and the sediment. The Kd is a simple way to characterize particle–solution
distributions of metals. The Kd values are also influenced by the effects of seasons and
river flow changes [32]. The variation of the Kd should not be seen as resulting from a
single geochemical process, but from a combination of simultaneous binding processes to
ligands in the water and on the sediments.

Partitioning coefficient variations are also explained, at a second order of magnitude,
by metals releases varying day by day.

In the Mosel watershed, the measurements of Cu and Zn mass concentrations are
carried out on total SS < 2 mm. This granulometry does not correspond to (but includes) the
fine grain size which is essentially concerned by the adsorption and desorption processes
by sediments. The partitioning coefficients were calculated for Cu and Zn using these
available data. The median values of the Cu and Zn lgKd were 4.7 L/kg (ranging from
3.2 to 5.3 L/kg) and 4.9 L/kg (ranging from 3.7 to 5.3 L/kg), respectively, and the average
values were 4.6 L/kg and 4.8 L/kg, respectively. These values were lower regarding the
ones calculated at Eijsden where a larger dataset was analyzed and a grain sizes description
was carried out.

3.3. Partitioning Coefficients of Metals between Water and Bed Sediment

Measurements on the bed sediment < 2 mm (Figures 6B and 7B) are carried out once
a year along the Mosel river at six stations of the monitoring network. The partitioning
coefficients between the water column and the bed sediment were calculated for Cu and
Zn using these available data. The median values of the Cu and Zn lgKd were 4.4 L/kg
(ranging from 3.9 to 5.5 L/kg) and 4.8 L/kg (ranging from 4.0 to 5.3 L/kg), respectively,
and the average values were 4.6 L/kg and 4.8 L/kg, respectively. The median values of
copper and zinc partitioning coefficients were lower for BS than SS.

Generally, partitioning coefficients of trace metals between particulate and dissolved
fractions in the water column appeared in the following order: Zn > Cu [10,44]. The present
study confirmed that zinc is more easily adsorbed by sediments due to its stronger affinity
for the particulate phase.

3.4. Discussion

Partitioning coefficient depends on the nature of the suspended solids or sediments,
geochemical parameters of the water and specific characteristics of each element [11]. The
influence of hydrometeorological conditions and metals releases will be further investigated
through more appropriated modelling approaches. The Kd logarithmic values of Cu are
shown in Figure 9. These values ranged from 2.5 to 6.4 L/kg. The Kd logarithmic values
of Zn are shown in Figure 9. These values ranged from 2.9 to 6.7 L/kg. Zn exhibited
higher values.

Regarding other studies in the world, these Kd values confirmed that our results in
the Meuse (Belgian–Dutch border) and Mosel (France) were reliable. As an example, the
Cu lgKd average value was 4.7 in the Garonne River (France) [41]. These new partitioning
coefficients, calculated according to grain sizes (clay, fine silt and coarse silt), can be used
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in environmental modelling dedicated to the assessment of water quality. One remaining
question is to estimate if the sediments constitute a sink or a source of trace metals.

Figure 9. Partitioning coefficients (lgKd) of Cu (upper graph) and Zn (lower graph) for TSS (total
suspended sediment), C (clays), FS (fine silts) and CS (coarse silts), with average values represented
by squares.

The Cu and Zn lgKd values in some rivers of the world range from 3.9 to 6.3, 3.9 to
8.5, respectively (Table 2).
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Table 2. The mean partitioning coefficients (lgKd) of trace metals in some rivers of the world.

River Cu Zn

EPA (Environmental Protection Agency) [11] 4.7 5.1

Tigris River, Iraq [45] 6.3 8.5

Day River, Vietnam [46] 5.4 5.1

Sava River, Yugoslavia [47] 3.9 3.9

Downstream of Yangtze River, China [48] 4.1 4.3

Jianglin River, China [48] 4.2 4.0

Beijiang River, China [10] 4.7 4.6

Meuse River, Belgium–Holland (this paper) 4.9 5.1

Mosel River, France (this paper) 4.6 4.8

4. Conclusions and Future Perspectives

In the present study, we determined new copper and zinc partitioning coefficients in
two large representative rivers in western Europe, the Meuse and the Mosel. Large sets of
data were analyzed. Both dissolved and particulate phases play key roles in the controlling
of copper and zinc partitioning in fresh river waters.

In the Meuse river, the copper and zinc partitioning coefficients were calculated
according to grain sizes in the water column. These coefficients are strongly affected by
particle sizes, and it was demonstrated that clays and fine silts preferentially adsorb trace
metals. As observed in other studies, it was confirmed that zinc is more easily adsorbed by
sediments due to its stronger affinity for the particulate phase.

In the Mosel River, the copper and zinc partitioning coefficients were calculated in the
water column and on the river bed. Compared to copper and zinc adsorption by suspended
sediment, the partitioning coefficients were lower on the bed sediment. To strengthen
this assessment, it is necessary to improve the granulometry study and focus on fine bed
sediments (<63 μm).

This is a preliminary paper to further investigate the environmental modelling of
trace metals. Prerequisite knowledge is necessary to tackle trace metal modelling. Among
this knowledge, the calibration of the processes involved in trace metal fate are required:
partitioning coefficients, sedimentation velocity, critical deposition, erosion velocities,
etc. Some of these processes have been improved. Explicit characterization of these
processes constitutes a guarantee to best assess water quality. This will allow us to establish
consistent pressure–impact relationships between the loads discharging into the river from
the watersheds and the reduction in copper and zinc concentrations over the years. Useful
added information were also provided for water quality management. The predictive
capacity of environmental modelling in the scope of management plans, priority plans,
depollution concerning dangerous substances such as trace metals and associated sediments
will be challenged.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/hydrology10020051/s1, Figure S1: Map of the International River
Basin District of the Meuse (France, Belgium, GD Luxembourg, Germany, The Netherlands). Eijsden
is illustrated by the thumbnail (on the left); Figure S2: Copper mass concentration (mg/kg) at Eijsden
(Meuse river) on different classes of suspended sediment for the years 2002–2020.
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Abstract: In situ groundwater remediation often calls for a chemical or biological amendment
to be injected as an aqueous solution into a contaminated groundwater aquifer. Accordingly,
remediation depends on mixing the amendment into the contaminated groundwater, which, in
turn, depends on spreading the plume of the injected amendment effectively. Here, we present
proof-of-principle results from a laboratory study showing that amendment plume spreading can
be enhanced by heating the injected water, which is consistent with the mechanism of miscible
viscous fingering. The heated water has a lower viscosity, rendering a mobility ratio (i.e., log
viscosity ratio) of 1.2 that generates elongated plume perimeters for essentially consistent plume
areas. Using a quasi-two-dimensional apparatus and recording photographs after each increment
of the injection volume, two image analysis techniques were employed to measure the area and
perimeter of the injected plume, and the results are compared to isothermal controls, showing that
the plume perimeter increased by 47% when determined by binary image analysis or 56% when
determined by morphological image analysis. Accordingly, this study offers evidence that heating
the injected water enhances miscible plume spreading in porous media.

Keywords: groundwater remediation; reactive transport; plume spreading; viscous fingering

1. Introduction

Reactive transport in porous media is important for a number of natural and engineer-
ing processes, including geochemical cycling, in situ mining, and groundwater remediation.
In any of these applications, a plume of the reagent is introduced—either naturally or
deliberately—into the resident groundwater. The reaction depends on mixing the reagent
with the groundwater, which fundamentally depends on molecular diffusion, but prac-
tically depends on a process called plume spreading. Plume spreading transforms the
reagent plume into a fractal-like network of lamella that is thin enough for molecular
diffusion to bring reagents together. Because flows in porous media are typically laminar,
which precludes the turbulence that provides mixing in other engineered reactors, reactions
in porous media are transport-limited. Accordingly, the transport of reagents in porous
media is governed by the process of plume spreading.

Plume spreading can be classified as passive or active. Passive spreading results
from the heterogeneity that is inherent in essentially any natural porous media. Finding
the paths of least resistance, the fluid establishes channels of preferential flow, and the
resulting velocity contrasts enhanced plume spreading compared to a hypothetical baseline
of homogeneous media. In this context, mass transport by transverse dispersion is known
to be an important process [1]. By contrast, active spreading results from the deliberate
manipulation of the velocity field through an approach called engineered injection and
extraction, for example, through vertically separated segments of the well screen [2] through
a manifold of wells [3,4] confirmed by laboratory testing [5,6], or through a rotated dipole
mixer [7] confirmed by field testing [8]. The present study proposes a new approach to
active plume spreading by heating the injected water. Rather than imposing an engineered
velocity field, this approach seeks to enhance plume spreading through the fundamental
physics of fluid displacement.
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Fluid displacement is the process by which a certain fluid, called the defending fluid,
is replaced by a different fluid, called the invading fluid. This process can be classified as
stable or unstable. Stable displacement causes the complete replacement of the defending
fluid by the invading fluid, for example, when a more viscous fluid displaces a less viscous
fluid of equal density or when a dense fluid displaces a light fluid from below. Neglecting
hydrodynamic dispersion, stable displacement manifests itself as the plug flow, which is
the default conceptual model for many environmental treatment unit operations and for
groundwater remediation hydraulics, including pump-and-treat and engineered injection
and extraction. By contrast, unstable displacement causes an unstable interface between the
defending and invading fluids, causing incomplete replacement (Figure 1). In the context
of engineered reactive transport, this unstable interface generates the additional plume
spreading of the invading fluid into the defending fluid, called fingering, which provides
an opportunity for enhanced mixing by molecular diffusion, and, consequently, a more
complete reaction.

Figure 1. Viscous fingering for miscible fluids with mobility ratio R = 1.6 in a Hele–Shaw cell (a) with
an aperture width of b = 205 μm. As the injection rate decreases from 10 mL/min in the left-most panel
to 1 μL/min in the right-most panel (b), the viscous fingers become more pronounced. Reproduced
from Videbæk and Nagel [9] with permission from the American Physical Society.

Unstable displacement results from various combinations of interfacial tension, density
difference, or viscosity difference. When the interfacial tension is nonzero, the displacement
is called immiscible, examples of which include enhanced oil recovery and the removal of
non-aqueous phase liquids (NAPLs). When the interfacial tension is zero, the displacement
is called miscible, for example, when an aqueous chemical or biological amendment is
injected into a contaminated groundwater aquifer, which is the focus of the present study.
When miscible fluids have an unequal density, a lighter invading fluid fingers into a denser
defending fluid during the upward flow, and a denser invading fluid fingers into a lighter
defending fluid during the downward flow through a process called gravity fingering [10].
In contrast, for constant-density fluids, gravity fingering is prevented. While it is certainly
possible to imagine a groundwater remediation application where the injected aqueous
amendment has a significant density difference from the defending groundwater, the focus
of the present study is on the viscous fingering of miscible fluids with a constant density.

Viscous fingering results when a less viscous fluid breaks through the miscible interface
and creates a new pathway into the more viscous fluid [11,12]; viscous fingering always
occurs when a less viscous fluid displaces a more viscous one, regardless of miscibility [13].
Viscous fingering can result from the native viscosity difference of the fluids [14,15] or from
varying the injection rate over several orders of magnitude to create new flow regimes [16].
Here, we considered the viscous fingering caused by an imposed temperature that renders
a viscosity difference between otherwise identical defending and invading fluids.

Viscous fingering between miscible fluids (Figure 1) depends on two dimensionless
numbers: the mobility ratio R, and the Péclet number, Pe [15,17]. The mobility ratio, also
called the log-viscosity ratio [17], quantified the viscosity difference between two miscible
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fluids, where R > 0 was required for viscous fingering, and larger values of R indicated that
viscous fingering was more likely. The mobility ratio can be defined as:

R = ln
(

μ1

μ2

)
, (1)

where μ1 is the dynamic viscosity of the defending fluid and μ2 is the dynamic viscosity of
the invading fluid. The Péclet number is a dimensionless ratio of advection to diffusion,
which quantifies the general pattern of advection, imposing fine structure on plumes, while
diffusion smooths out fine structure. The Péclet number is defined as:

Pe =
vL
D

, (2)

where v is the fluid velocity, L is a characteristic length, and D is the fluid’s self-diffusion constant.
There have been several studies involving temperature as a factor in groundwater

remediation. Kaslusky and Udell [18] injected steam to enhance the removal of volatile
organic compounds (VOCs), especially dense non-aqueous phase liquids (DNAPLs),
from groundwater but did not specifically address mixing, spreading, or fingering.
Kosegi et al. [19] found that increasing the temperature across the entire system in an
aquifer remediation simulation resulted in faster cleanup times, but their study only
noted changes in viscosity without considering changes in plume morphology. Similarly,
Payne et al. [20] identified thermal effects in groundwater remediation hydraulics but
did not consider plume morphology. Jackson et al. [21] modeled temperature difference
between two immiscible fluids that already had a difference in viscosity, and they found
that increasing the temperature difference increased the interfacial area, echoing similar
results achieved by a model by Islam and Azaiez [22] that assumed the fluids were
miscible. Both of these studies graphically analyzed the interfacial length between the
invading plume and the defending fluid. However, a review of the literature has yet
to identify research in terms of which enhanced plume spreading can be achieved by
heating the invading fluid, thus lowering its viscosity. Accordingly, the novel aspect of
the present study was to explore plume spreading by injecting a hot invading fluid into
a cold defending fluid.

2. Materials and Methods

Thermally enhanced plume spreading was investigated by injecting a yellow-dyed hot
invading fluid over a range of injection rates and into a quasi-2D apparatus packed with
porous media and saturated with a blue-dyed cold-defending fluid. Photographs were
recorded after each 10 mL of injection, and images were analyzed using k-means clustering
with both binary and morphological analysis. The results were reported as an increased
plume perimeter compared to an isothermal control. Details on each of these points are
presented below, and additional information is provided elsewhere [23].

2.1. Apparatus

A quasi-2D porous media apparatus was constructed by etching a 305 mm × 305 mm
square into a clear acrylic sheet to a depth of 12 mm. The resulting chamber was filled
with glass beads of a diameter of 1 mm, rendering a porosity of n = 0.36 and assuming
close random packing [24]. To provide a watertight seal for the acrylic lid, two parallel
channels were carved outside the perimeter of the etched square for inner and outer rubber
gaskets with circular cross-sections. The lid was secured by 24 round washer head screws
(six on each side). Three ports were drilled along a diagonal between opposite corners
of the square chamber (one in each corner and one in the center) and were tapped with
threads to accommodate them, nominally as a 1

4 , in PVC plastic barbs.
The chamber was filled with saturated media by temporarily mounting the apparatus

on a vertical jig, sealing the lower barb with Parafilm, removing the middle and upper
barbs, and adding a slurry of beads and blue-dyed water through a tube inserted first into
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the middle port, and then into the upper port. A piece of stainless-steel mesh was added
to each port before reinstalling the middle and top barbs to prevent the beads from being
extracted during experiments. Once the barbed tube connection was tight, the cell was
slowly lowered to a horizontal position for testing.

Once the cell was placed horizontally, a tripod was used to mount a 20.4-megapixel
camera (Sony DSC-HX300, Tokyo, Japan) set to a high-resolution automatic portrait mode,
with pictures were taken using a remote shutter to avoid movement. A consistent photo-
graph orientation was provided by the middle barb and a mark placed on the apparatus
lid that appeared in the upper-right of each image.

2.2. Experiments

Four experiments were performed over a range of decreasing injection rates (Table 1).
In each experiment, the defending fluid was tap water dyed with 10 drops of blue dye
(Standard Blue 106002, Kingscote Chemicals, Miamisburg, OH, USA) per 100 mL, and
the invading fluid was tap water dyed with 10 drops of yellow dye (Yellow Color 53–140,
Honeyville Grain, Ogden, UT, USA) per 100 mL. Identical dye concentrations were chosen
to avoid density-driven flows.

Table 1. Overview of plume spreading experiments.

Experiment Discharge [mL/min] Péclet Number Figure

1 60 320 S1
2 30 160 S2
3 15 80 S3
4 7.5 40 S4

In the control experiments, both fluids were maintained at room temperature at
approximately 22 ◦C. The invading fluid was injected through the center port (Figure 2),
while the defending fluid was simultaneously removed from the right port, as required by
continuity, to prevent over-pressurizing the apparatus. Close to the center port, the flow
was approximately radial; farther from the center port, the flow approximated a dipole
(disturbed by the boundary of the square chamber). In each experiment, a 60 mL syringe
was filled with invading fluid and placed in the syringe pump, while an empty syringe
was placed at the other side of the syringe pump to receive the defending fluid. Injection
rates (Table 1) corresponded to 60 mL injected over 1, 2, 4, and 8 min. Photographs were
recorded after each 10 mL of injection up to 60 mL. Once the invading fluid was injected
and the defending fluid was extracted, to prepare for the next experiment, the pump was
reversed to re-inject the blue defending fluid and extract the yellow invading fluid (some
of which will have mixed to green) to waste. The receiving vessel was elevated to maintain
a positive gauge pressure in the apparatus in order to avoid introducing air bubbles.

In thermally enhanced experiments, the steps above were followed with several
modifications. The defending fluid was cooled to a temperature of 11 ◦C, somewhat below
the average groundwater temperature of approximately 15 ◦C in Colorado, USA [25]. A
total of 60 mL of cold blue fluid from this chilled reservoir was then injected by the syringe
pump through the left port, while room-temperature blue fluid was extracted through the
right port into a vessel placed above the flow chamber. This process of injecting 60 mL
batches of cold blue fluid was repeated six times to ensure the entire cell was isothermal.
Meanwhile, the invading fluid was boiled on a hot plate and then, after the fluid handling
described below, was injected at 73 ◦C. The injection fluid was assumed to have the same
density as the defending fluid because the slight density decrease (2.4% from 11 ◦C to
72 ◦C) from heating was assumed to compensate for the slight density increase from the
evaporative concentration of the yellow dye. The syringe was filled with hot water first,
then the tube from the syringe to the four-way valve (Figure 2), and then the tube from
the four-way valve to the flow chamber. The tube from the syringe to the four-way valve
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was fitted with insulation, but the tube from the four-way valve to the chamber was not
insulated to minimize blocking the plume from the camera.

Figure 2. Schematic of experimental apparatus, where the cold defending fluid is blue, the hot
invading fluid is yellow, and the mixed fluid is green. Red arrows are injections; blue arrows are
extraction. Syringe pump 1 connects via a four-way valve to the reservoir of hot invading fluid,
the center injection port, and the waste line; syringe pump 2 connects via a three-way valve to the
reservoir of cold defending fluid and the right extraction port.

2.3. Analysis

The viscosity of water as a function of temperature was estimated using the correlation
of Sharqawy et al. [26]:

μ = 4.2844 × 10−5 +
1

0.157(T + 64.993)2 − 91.296
(3)

where μ is the dynamic viscosity of water [kg m−1 s−1], and T is the temperature [◦C]
in the range of 0 ≤ T ≤ 100 ◦C at sea level with an atmospheric pressure of 0.1 MPa.
Equation (3) is assumed to be valid at Denver’s atmospheric pressure of approximately
84 kPa. For the defending fluid at 11 ◦C and the invading fluid at 73 ◦C, this equation
gives μ1 = 1.3 × 10−3 kg m−1 s−1 and μ2 = 3.9 × 10−4 kg m−1 s−1, respectively, rendering
the mobility ratio R = 1.2.

Because the injection flow is approximately radial, velocity declines with the distance
from the center port, so it is necessary to define a characteristic radius at which to evaluate
the velocity. This characteristic radius was chosen to be 54 mm, corresponding to the
radius of a theoretical circular cylinder 12 mm tall with a porosity of 0.36 after an injection
volume of 40 mL, after which thermally enhanced plume spreading was observed, as
presented below. The characteristic length L = 0.1 cm was taken as the diameter of the
glass beads, and the self-diffusion coefficient D = 2.14 × 10−5 cm2/s was taken for the
water at 22 ◦C [27]. These assumptions define a characteristic Péclet number for each of the
experiments (Table 1).

Photographs were analyzed to quantify the plume geometry as the area and perime-
ter of the invading plume, where thermally enhanced experiments were compared to
isothermal controls. These geometric results were determined using the Image Region
Analyzer in Matlab R2019b [28] for images generated by each of the two methods. Both
methods began with color segmentation using k-means clustering and were implemented
with the L*a*b* color space and cluster command in Matlab R2019b. This command sep-
arated the k = 3 colors of blue (defending), yellow (invading), and green (mixed) in the
raw photograph into clusters. In the first image analysis method, the cluster representing
the yellow invading plume was converted to a binary image and used to quantify plume
geometry. The second image analysis method was morphological structuring, which
was implemented with the command strel in Matlab R2019b. This command is specific
to shapes and assigns a value to each pixel in relation to the other pixels in its vicinity.
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Once the image was flattened with the strel command, the imfill command was used
to fill the holes within the image to create a continuous shape, accounting for the space
occupied by the invading fluid supply tube and the barb fitting.

3. Results

The invading plume after the final injection volume of 60 mL is shown for each
experiment 1–4 in Figure 3, and complete results are provided in the Supplementary
Information (Figures S1–S4). By construction, the volume of the invading fluid was
constant across experiments; the quasi-2D nature of the flow was confirmed by noting
that areas, determined by both the image analysis methods, are consistent at approxi-
mately 6300 ± 200 mm2 (plus or minus one standard error) for all thermally enhanced
experiments and isothermal controls (Table 2). No significant differences were observed
in the plume areas between the image analysis methods or between the tests and controls
(p < 0.05). The consistently measured plume area was approximately half that of a theo-
retical circular cylinder 12 mm tall with a porosity of 0.36 after an injection volume of
60 mL, reflecting certain imperfections that render the flow quasi-2D rather than strictly
2D. In contrast, the differences in the invading plume perimeter reflect increases with
the decreasing Péclet number. Relative to the control, the plume perimeters were lower,
comparable, and lower for Runs 1, 2, and 3, respectively, which could be attributed to
experimental variation. For Run 4, at the lowest Péclet number, the plume perimeter
increased up to 47% for the binary image analysis and up to 56% for the morphological
image analysis.

 
(a) (b) (c) (d) 

Figure 3. Thermally enhanced plumes after injection of 60 mL for (a) Experiment 1 at Pe = 320,
(b) Experiment 2 at Pe = 160, (c) Experiment 3 at Pe = 80, and (d) Experiment 4 at Pe = 40.

Table 2. Mean areas of invading plumes [mm2] after 60 mL of injection.

Image Analysis Method *

Binary Morphological

control 6610 ± 150 6540 ± 202
test 6108 ± 654 6025 ± 728

* Results shown plus or minus one standard error.

3.1. Binary Image Analysis

To illustrate the first image analysis method, Figure 4 shows the binary image of
plumes for experiment 4 after the injection of 60 mL with the isothermal control plume
(in blue) superimposed on the thermally enhanced plume (in white). The elongation
of the plume toward the lower-left corner of the image reflects the approximate dipole
flow to the extraction port, which is not shown in order to discern more detail in the
vicinity of the injection port. Figure 5 shows how the perimeter of the invading plume in
the thermally enhanced experiment evolved with time in comparison to the isothermal
control. We speculate that the slight reduction in perimeter between 50 and 60 mL of the
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injection results from the dispersive blurring of the interface with time. The perimeter
measured by binary image analysis was approximately ten times that measured by the
morphological image analysis, as discussed below. This difference reflects the pixel-by-pixel
nature of binary image analysis, which renders a much rougher perimeter. Nevertheless, in
experiment 4, the perimeters were similar for injection volumes up to 30 mL, after which
the thermally enhanced perimeter was up to 47% greater than the isothermal control.

 

Figure 4. Binary image of the control plume (blue) superimposed on the thermally enhanced plume
(white) for experiment 4 with Pe = 40 after injection of 60 mL.

Figure 5. Plume perimeter determined by binary image analysis versus injection volume for exper-
iment 4 with Pe = 40. The thermally enhanced test plume had a maximum perimeter of 5883 mm,
which is 47% more than the corresponding control perimeter plume length of 4005 mm.
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3.2. Morphological Image Analysis

To illustrate the second image analysis method, Figure 6 shows the isothermal control
plume (in blue) superimposed on the thermally enhanced plume (in white), and Figure 7
shows how the perimeter of the invading plume in the thermally enhanced experiment
evolved with time in comparison to the isothermal control. Again, we speculate that
the slight reduction in perimeter between 50 and 60 mL of the injection resulted from
dispersive blurring. The perimeter of the isothermal control was slightly larger than that
of a theoretical circular cylinder, appearing 12 mm tall with a porosity of 0.36, which
is consistent with the flow approximating a dipole, which has a larger perimeter per
area than a circular cylinder. The much smaller perimeter compared to binary image
analysis reflects the feature of morphological image analysis that seeks to create contiguous
regions, for example, by filling holes. However, the qualitative results matched the binary
image analysis, with similar perimeters for injection volumes up to 30 mL, after which the
thermally enhanced perimeter was up to 56% greater than the isothermal control.

 

Figure 6. Morphological image of the control plume (blue) superimposed on the thermally enhanced
plume (white) for experiment 4 with Pe = 40 after injection of 60 mL.
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Figure 7. Plume perimeter determined by morphological image analysis versus injection volume
for experiment 4 with Pe = 40. The thermally enhanced test plume had a maximum perimeter of
649 mm, which is 56% more than the corresponding control perimeter plume length of 416 mm. For
comparison, the dotted line is the perimeter of a theoretical circular cylinder that is 12 mm tall with a
porosity of 0.36.

4. Discussion

The proof-of-principle experiments presented here show the potential for the thermally
enhanced spreading of injected plumes of miscible fluids in porous media. Elongated plume
perimeters occur with a mobility ratio of R = 1.2 and a Péclet number (as defined in Table 1)
of Pe = 40, and this observation is independent of the image analysis method chosen,
since both binary and morphological analysis result in similar results. The binary image
analysis (Figures 4 and 5) renders a fractal-like plume geometry with increases in perimeter
compared to the isothermal control. The complementary morphological image analysis
(Figures 6 and 7) renders a solid-like plume geometry also with increases in the perimeter.
The combination of these methods provides a more in-depth understanding of the thermally
enhanced plume spreading of miscible plumes in porous media.

It is notable that elongated plume perimeters can be generated even within the limited
temperature range of liquid water that constrains the maximum possible mobility ratio.
Using Equations (1) and (3), the maximum temperature range of 0 ◦C to 100 ◦C corresponds
to a maximum viscosity range of μ1 = 1.8 × 10−3 kg m−1 s−1 to μ2 = 2.8 × 10−4 kg m−1 s−1,
which corresponds to a maximum theoretical mobility ratio of R = 1.9. Practically, the lower
temperature is more or less fixed, perhaps reflecting some seasonal variation, but seldom
comes close to freezing. The temperature T1 = 11 ◦C used here is probably a reasonable
figure for temperate climates. Similarly, although the injection fluid can be heated to boiling,
its temperature upon injection is limited by heat loss during fluid handling. If the tubes
used in a field application are larger than the 6.4 mm (1/4 in) diameter tubes used here,
the smaller area-to-volume ratio limits heat loss; if the delivery time t = V/Q in a field
application is smaller, this could also limit heat loss. Practically, the higher temperature may
be higher than the T2 = 73 ◦C used here but seldom comes close to boiling. This limitation
contrasts the present study with prior work by others, where higher temperatures generated
steam and, consequently, introduced the immiscible displacement of water by steam. Such
higher temperatures have been used in the remediation of NAPLs [18]. In contrast, the
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present study demonstrates the ability to elongate plume interfaces within a temperature
range that one might expect in real aquifers and allows strictly miscible displacement.

The experiments reported here show more plume spreading with a decreasing Péclet
number opposite the expectation for miscible plume spreading by viscous fingering [29,30],
but is at least qualitatively consistent with the results of Videbæk and Nagel [9], as shown in
Figure 1, where the left panels show the suppression of 3D fingers and the right panels show
the development of 2D fingers with a decreasing Péclet number. The present study differs
from these three in at least two respects. First, the present study measures plume spreading
in porous media rather than Hele–Shaw cells. Second, the present study generated plume
spreading thermally, so the viscosity difference, and therefore, mobility ratio, depends on
both fluid mixing and thermodynamics. That is, given enough time, the two fluids would
reach thermal equilibrium with an equal viscosity and mobility ratio R = 0. Accordingly, the
results presented here may be somewhat counterintuitive because lower Péclet numbers
imply lower velocities and correspondingly more time for the two fluids to reach thermal
equilibrium, which drives the mobility ratio back toward zero. The observation of increased
plume perimeter suggests that the time scale for elongating plume interfaces is shorter than
the time scale for the thermal equilibrium, at least in the experiments reported here.

Another manifestation of the Péclet number effects could be observed in both the
binary image analysis (Figure 5) and the morphological image analysis (Figure 7). In
both figures, the perimeter of the thermally enhanced invading plume began to exceed
that of the isothermal control after 40 mL of the cumulative injection volume. This
transition was observed only in experiment 4 with the smallest Péclet number Pe = 40;
it was not observed in other experiments with larger Péclet numbers (Table 1). This
observation suggests that there is a critical Péclet number above which little thermally
enhanced plume spreading occurs. In experiment 4, when the cumulative injection
volume was 30 mL or less, the Péclet number was too high; when the cumulative injection
volume was 40 mL or more, the Péclet number was low enough. In experiment 3,
when the cumulative injection volume was 60 mL or less, the Péclet number was too
high, which was similar to experiments 2 and 1, which had even higher injection rates.
Accordingly, experiment 4 suggests a critical Péclet number in the range of 40–46, while
experiment 3 suggests that the critical Péclet number is less than 65. Taken together, these
results suggest that thermally enhanced plume spreading might have been expected in
experiment 3 at a cumulative injection volume of 160 mL (although this larger volume
would correspond to a longer injection time which could allow thermodynamics to
eliminate the mobility ratio as discussed above).

Further experiments are required to address the limitations of this proof-of-principle
study. First, the assumption of the equal density of invading and defending fluids should
be tested. Second, a modified apparatus could prevent the inlet fitting and supply tubing
from appearing in the plume images and using a deeper chamber could determine whether
a fully 3D apparatus might reveal experimental artifacts in our quasi-2D apparatus. Third,
additional experiments are required to further constrain the critical Péclet number and to
determine whether enhanced plume spreading at lower injection rates (i.e., lower Péclet
number) could be suppressed by the thermal equilibrium resulting from the additional
injection time. Fourth, additional experiments are required to extend these results to 3D
flows and reactive transport. For example, delivering hot amendments could accelerate
reactions not only by improving plume spreading but also by hastening reaction kinetics.
On the other hand, boiling (or nearly boiling) the injection fluid could preclude injecting
amendments that are volatile, thermally unstable, or biologically active. Having stated
these limitations, the observation of elongated plume interfaces in this experiment suggests
that heating the injection fluid may increase the size and extent of the reactive interface
between the injected plume and the native groundwater, which, in turn, may result in a
larger volume of remediated groundwater. The results of the present study are the first
steps toward quantifying the effectiveness of thermally enhanced plume spreading as a
tool for in situ groundwater remediation.
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Supplementary Materials: The following supporting information can be downloaded at https:
//www.mdpi.com/article/10.3390/hydrology10040098/s1: A portable document format (PDF) file
containing Figures S1–S4. A Microsoft Excel workbook containing experimental data.
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Abstract: Gravel pits are considered potentially hazardous in terms of groundwater quality pro-
tection as they represent an open part of the aquifer system, increasing the aquifer’s vulnerability
to contamination from the surface. The aim of this research was to determine the biogeochemical
processes in gravel pits that have a positive effect on the groundwater quality in the alluvial aquifer
in NW Croatia. The aquifer is situated below developed agricultural land, with high groundwater
nitrate concentrations having been recorded over the last decades. The differences between two
gravel pits and the surrounding groundwater were studied using in situ, hydrochemical, and iso-
topic parameters (δ15N-NO3 and δ18O-NO3), together with existing microbial data. The analyses
of nitrogen species indicated that nitrate attenuation processes take place in gravel pits. Bacterial
denitrification and nitrate uptake by algae were responsible for significant decreases in nitrate con-
centration. These processes were more effective in the inactive gravel pit, which has a longer water
residence time and during warm periods, when microbial biomass, abundance, and activity were
high. The seasonally variable microbial activity also affected trace metals, removing them from
groundwater, possibly through the biosorption of metal ions. The presented research shows that the
observed biogeochemical processes are associated with seasonal changes that affect the types and
number of microbial communities and the chemical composition of water, resulting in gravel pits
being groundwater remediation points.

Keywords: gravel pit; surface and groundwater quality; nitrogen species; denitrification; biosorption

1. Introduction

Gravel and sand are non-renewable natural resources which are used in the construc-
tion industry for various infrastructure projects (e.g., buildings, roads, and other concrete-
based structures). With population growth, the demand for these mineral resources is
increasing. The U.S. Geological Survey estimates that the world produced about 265 million
metric tons of sand and gravel in 2020 [1]. The results of gravel and sand excavation include
gravel pits, which change the morphology and drainage pattern of catchments [2]. The
locations of gravel pits are conditioned by the position of natural deposits of sand and
gravel, such as alluvial river deposits, streambeds, glaciofluvial deposits, etc. When sand
and gravel extraction occur below the water table, groundwater naturally fills the gravel
pit, forming a lake. The creation of gravel pits can therefore affect groundwater quality,
which is especially important in areas that use groundwater as a source of drinking water.
As a result of excavation, the protective soil cover is removed, which exposes the aquifer
to the atmosphere and increases its vulnerability to contamination [3]. Another threat to
groundwater quality is related to the illegal waste disposal in inactive gravel pits [4,5],
which has an impact on both the gravel pit water and the downstream groundwater. Thus,
it is very important to investigate the interaction between gravel pits and groundwater,
particularly when gravel pits are formed in areas close to groundwater abstraction sites [6].
In general, limited attention has been paid to the positive effects of gravel pits on water
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quality compared to the negative ones. However, several studies have recognized that
gravel pits can mitigate groundwater nitrate contamination originating from agricultural
activity through assimilation by algae and/or bacterial denitrification [7–9]. Additionally,
the inflow and accumulation of nutrients into the gravel pits may cause eutrophication and
interfere with metal cycling [2]. There is potential to use gravel pits as nutrient filters and
to regulate groundwater nitrogen pollution, but it is important to understand the factors
responsible for nitrogen removal [10].

Groundwater reserves in Croatia are related either to alluvial aquifers in river valleys
with primary porosity or to karst aquifers with secondary porosity, the former of which
are suitable for gravel and sand extraction. In 2013, approximately 2.6 million m3 of sand
and gravel were excavated in Croatia, one third of which was extracted from an alluvial
aquifer in the Drava River valley in the Varaždin region [11]. The groundwater of this area
belongs to strategic groundwater resources but also has a nitrate contamination problem,
originating mainly from agriculture. The origin, fate, and transport of nitrate within the
Varaždin aquifer have been studied extensively using hydraulic, geochemical, isotope,
microbiological, statistical, and modelling techniques [12], but a natural mechanism to
significantly reduce high nitrate concentrations in groundwater has not been identified.
Given the agricultural production and groundwater residence time [13], nitrate contamina-
tion in the Varaždin aquifer will likely continue for decades, so it is important to further
investigate possible processes that can contribute to the improvement of groundwater
quality. Therefore, the focus of this research is to investigate gravel pits as potential ground-
water remediation sites. In this context, we aimed to improve the understanding of the
biochemical processes affecting dissolved nitrate and metal concentrations in gravel pits.
Nitrate attenuation was evaluated by comparing our results with existing isotope and
microbial data, with emphasis on the influence of in situ parameters, seasonal differences,
and gravel pit activity. A sampling methodology that included collecting both filtered
and unfiltered water samples from the gravel pit allowed us to observe changes in metal
concentrations and discuss their relation to seasonal nitrate variations.

2. Materials and Methods

2.1. Study Area

The study was carried out within the Varaždin aquifer in the northwestern part
of Croatia (Figure 1). This area has a long-standing problem with nitrate groundwater
contamination, resulting mainly from sources related to agricultural production and the
sewage system [13,14]. The groundwater abstracted at well fields is used in the public water
supply network, excluding the Varaždin well field due to its high nitrate concentrations.
The aquifer was formed in the Quaternary as a result of the accumulation processes of
the Drava River [15], so its lithology is dominated by alluvial gravel-sand deposits. Mean
annual precipitation over the basin is 832 mm/a, with typical seasonal variations in air
temperature [16]. The groundwater flows in the SE direction and is recharged by surface
water and by the infiltration of precipitation [17]. Several gravel pits have been excavated
along the Drava River for sand and gravel mining (Figure 1). Among them, two small
gravel pits located in the central part of the aquifer and its adjacent observation wells were
selected as representative case studies. The water level in gravel pits represents a surface of
equipotential heads. Land use in the vicinity of the studied gravel pits is dominated by
agriculture. The agricultural fields are intensively cultivated (cabbage, maize, pumpkin,
potato), fertilized and are in contact with groundwater by rainfall infiltration through the
unsaturated zone. The gravel pits are recharged by groundwater and precipitation, without
inflow from surface waters. The origin of the nitrate in gravel pits is mainly related to
groundwater inflow, with concentrations in the central part of the aquifer exceeding the
threshold value of 50 mg/L [13]. However, flushing of the surface during rain events
occurs too.
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Figure 1. Geographical position of the study area with indicated locations of the investigated
gravel pits and observation wells. Blue arrows indicate groundwater flow direction according to
Karlović et al. [13].

The gravel pit in the village of Zelendvor is active, i.e., the excavation of gravel and
sand is ongoing. The current surface area of the gravel pit is ca. 25,000 m2. The thickness of
the Quaternary sediments is around 12 m in this part of the study area, which limits the
maximum depth of the gravel pit to between 10 and 12 m. The closest observation well,
P-1530, is located about 2 km away in NE direction. The well is screened at its bottom at a
depth of 7.5 m. The measured depth to groundwater, i.e., the thickness of the unsaturated
zone, was between 5.80 and 6.33 m within the study period.

The gravel pit in the village of Šijanec is inactive and is used for recreational fish-
ing. It is generally shallow, with water depths of up to 4 m, covering a surface area of
approximately 12,000 m2. The aquifer thickness at this site is around 35 m. There are high
nutrient loads, and diverse communities of algae and bacteria that inhabit this gravel pit,
most noticeable in the summer period when algal blooms of Microcystis sp. occur [18].
The closest observation well, PDS-5, is situated about 1 km from the gravel pit in the SE
direction. The well is 31.0 m deep, with a 6 m long screen at a depth from 13.7 to 19.7 m.
The measured depth to groundwater was between 2.63 and 5.52 m within the study period.

2.2. Water Sampling and Laboratory Analyses

Gravel pit water and groundwater samples were collected once a month for chemical
analyses of nitrogen species and metal concentrations in water. Gravel pits were sampled
from a boat in the central part of each gravel pit by submerging a bailer sampler below
the water level, taking composite samples in the period from June 2017 to February 2020
at gravel pit Šijanec, and between June 2017 and December 2017 at gravel pit Zelendvor.
The shorter period of sampling in the active pit was due to our inability to access the site
from 2018 onwards. Neighboring observation wells were sampled on the same days as
the gravel pits. Groundwater samples were collected after pumping at least three times
the well volume, i.e., until the stabilization of in situ parameters. In situ parameters
(temperature—T, pH, electrical conductivity—EC, dissolved oxygen—DO) were measured
using a multiparameter WTW probe. Water samples for nitrate (NO3

−), nitrite (NO2
−), and

ammonia (NH4
+) analyses were filtered in the field through a 0.45 μm cellulose membrane

filter into 200 mL HDPE bottles. Separate water samples for metal analyses were collected
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into 100 mL HDPE bottles, both unfiltered and filtered through a 0.45 μm filter, and acidified
with 6 M ultra-pure HNO3. During the sampling campaigns, duplicate samples (unfiltered
and filtered) were taken eight times from the inactive gravel pit and two times from the
active gravel pit. Samples were kept cool in a refrigerator, transported to the laboratory,
and measured on the same day. Gravel pit water samples for the isotopic analyses of δ15N
and δ18O isotopes in nitrates were filtered through 0.2 μm membrane filters into HPDE
1000 mL bottles in the field, and upon arrival at the laboratory, they were frozen. The
NO3

− concentrations were measured using ion chromatography on Dionex ICS 6000, while
NO2

− and NH4
+ concentrations were analyzed using a spectrophotometer, the HACH

DR 9000. The concentrations of metals in the water were measured using an inductively
coupled plasma-mass spectrometry on the Agilent 8900 ICP-MS Triple Quad, following the
procedure described in Karlović et al. [19]. δ15N and δ18O isotope analyses were conducted
at the Stable Isotope Facility of the British Geological Survey, following the analytical
method described in Marković et al. [16].

2.3. Methodological Approach

For this work, water sampling was conducted to compare the hydrochemical parame-
ters of samples from the gravel pits with those of their closest observation wells, selected
to represent the surrounding groundwater. In particular, in situ parameters and nitrogen
species were observed over time to examine their interrelation and the changes in the
water chemistry, and to explain possible mechanisms that reduce nitrate concentrations
in gravel pits. Numerous authors have studied bacterial denitrification as an effective
nitrate reduction process (e.g., [20–22]). The process is mediated by denitrifying bacteria
and is mostly efficient under anaerobic conditions with available electron donors, such as
dissolved organic carbon [23,24]. During denitrification, the decrease in nitrate concentra-
tion is accompanied by the enrichment of δ15N and δ18O [25]. Moreover, δ15N/δ18O ratios
between 1.3 and 2.1 suggest the occurrence of denitrification [26–28]. Nitrate reduction in
gravel pits has also been associated with nutrient uptake by primary producers such as
algae [3,9,29]. In order to identify the biochemical processes that govern nitrate dynamics
in gravel pit waters, the obtained results were compared to existing microbial [18,30] and
groundwater nitrogen isotope data [16]. Besides nitrate reduction processes, the potential
bioaccumulation of metals in gravel pits was studied by comparing metal concentrations
between unfiltered and filtered water samples.

3. Results and Discussion

3.1. In Situ Parameters and Nitrogen Species

The measured in situ parameters and analyzed nitrogen species are presented in
Table 1. The in situ parameters within individual gravel pits did not show significant
changes with depth, which points to homogenized water in the gravel pit lakes. The high
EC values indicate dissolved solids at the sampled locations, which is expected given
that they are located in an agricultural area with an intensive input of nutrients into the
system. The highest EC was measured in the groundwater, followed by a lower EC in
the active pit, and the lowest EC in the inactive gravel pit. Higher variations in water
temperature were observed in the gravel pits due to the influence of seasonal changes in
air temperature, whereas the mean groundwater temperature indicates the mean annual
temperature of the aquifer recharge area. The gravel pits had higher pH values than
the surrounding groundwater, with a significant shift to more alkaline in the inactive
gravel pit. All measurements of DO suggest that groundwater and gravel pit waters are
oxygen saturated.
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Table 1. In situ parameters and nitrogen species recorded in investigated gravel pits and in ground-
water (observation wells). Data are shown as minimum and maximum values with mean values
in parentheses.

Parameter Active Gravel Pit P-1530 Inactive Gravel Pit PDS-5

EC (μS/cm) 447 (572) 649 689 (693) 697 217 (334) 501 661 (685) 694
T (◦C) 5.5 (16.8) 24.1 9.2 (14.5) 22.9 1.2 (15.5) 32.1 11.8 (12.6) 13.9

pH 7.52 (7.80) 8.14 7.33 (7.45) 7.53 7.04 (8.64) 10.67 6.91 (7.28) 7.45
DO (mg/L) 9.9 (12.8) 18.5 8.5 (9.7) 11.6 7.1 (12.9) 19.5 3.5 (8.2) 9.9

NO3− (mg/L) 33.7 (54.2) 64.5 48.1 (88.7) 109 0.6 (15.8) 50.1 42.1 (76.5) 210
NO2

− (mg/L) 0.06 (0.16) 0.22 <0.01 (<0.01) 0.01 <0.01 (0.09) 0.38 <0.01 (0.01) 0.02
NH4

+ (mg/L) 0.02 (0.15) 0.34 <0.01 (0.02) 0.05 <0.01 (0.27) 0.70 <0.01 (0.04) 0.10

Although gravel pits are mainly recharged by groundwater, and the observation
wells are not far away, significant differences in nitrate concentrations were observed
(Table 1; Figure 2). Both observation wells had high nitrate levels, with mean concentrations
exceeding the threshold value of 50 mg/L. This is influenced mainly by agricultural activity
in this part of the aquifer [13,16]. Seasonal peaks of groundwater nitrate concentrations are
associated with the rainy season, during which nutrient leaching from cultivated areas is
increased, but also with the dry season, during which the absence of rain events is replaced
by intensive irrigation. As a result, the highest nitrate concentration of around 210 mg/L
was measured in a groundwater sample collected in summer (June 2017). Conversely, the
nitrate concentrations of the gravel pits were lower than those of groundwater throughout
the whole study period. Mean nitrate concentrations reduced more than 30 mg/L within
the active gravel pit. An even greater decrease in nitrate concentrations was observed in
the inactive gravel pit, with maximum values around the 50 mg/L threshold value. The
nitrate concentrations of the gravel pits varied among hydrological periods, which is likely
controlled by the inflow of groundwater nitrate concentrations, the dilution of lake water
by rainwater, and nitrogen transformation processes. Low NO2

− and NH4
+ concentrations

have been recorded in groundwater samples, often below the detection limit. However,
low NO2

− and NH4
+ concentrations in gravel pit waters are generally observed during

the colder parts of the year, when higher nitrate concentrations are recorded (Figure 3);
conversely, peak NO2

− and NH4
+ values are measured during the warmer parts of the year,

when nitrate concentrations are seen to decrease. This reversal indicates seasonal changes
in the dynamics among nitrogen species, possibly due to nitrogen transformation processes.

(a) (b)

Figure 2. Time series showing the decrease in nitrate concentrations of the groundwater in the
(a) active gravel pit and (b) inactive gravel pit.
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(a) (b)

Figure 3. Relationship between the nitrate, ammonia, and nitrite concentrations of the (a) active
gravel pit and (b) inactive gravel pit.

3.2. Nitrate Attenuation in Gravel Pits

The two main nitrate attenuation processes studied in this piece of research are deni-
trification and nutrient uptake by algae in gravel pits. Since both processes are microbial-
catalyzed, the inclusion of previous microbial research in the studied gravel pits [18,30] in
conjunction with nitrogen isotope data contributed to the interpretation of nitrate reduction
in gravel pits. Nitrate entering the gravel pits is readily available for microorganisms to
utilize, and high dissolved organic carbon concentrations [31] suggest that electron donors
are also available. However, high levels of dissolved oxygen may be a limiting factor for
denitrification at these sites, as the occurrence of denitrification is more favorable at dis-
solved oxygen concentration levels below 1–2 mg/L O2 [20]. Nevertheless, denitrification
was assessed using nitrate isotope data from groundwater and inactive gravel pit (Figure 4).
The pronounced separation of gravel pit samples from groundwater samples clearly shows
changes in stable isotope composition. The gravel pit samples were enriched with δ15N
while having low nitrate concentrations, an indication of denitrification. Moreover, the
δ15N/δ18O ratio from a sample collected in winter (December 2019) was 1.1, having shifted
to a value very close to the denitrification range. The δ15N/δ18O ratio of another gravel pit
sample, collected in summer (June 2019), suggests the absence of denitrification.

Figure 4. Relationship between the nitrate concentration and nitrate isotopic composition (δ15N-
NO3) of the inactive gravel pit and nearby groundwater (values for groundwater are interpreted in
Marković et al. [16]).

70



Hydrology 2023, 10, 99

Although the potential for denitrification is higher in anaerobic conditions, the pro-
cess has also been observed in aerobic conditions [32]. Furthermore, denitrification in
gravel pits has been previously documented [7,8,10,33], implying that our high dissolved
oxygen measurements do not completely exclude the possibility of denitrification. High
DO measurements are due to the process of photosynthesis, where algal and bacterial
communities generate oxygen as a byproduct, causing the supersaturation of oxygen in the
surrounding water.

Seasonal variation in denitrification activity suggests that another process is respon-
sible for nitrate attenuation in gravel pits throughout the year. In the inactive gravel
pit, algal and bacterial communities are in competition for nutrients, with Cyanobacteria
dominating in the summer period, followed by their breakdown and replacement with
diatoms, dinoflagelatte, Bacillariophyceae, and Actinobacteriota in the winter period [18].
This competition is crucial for understanding how microbial dynamics govern nitrate
reduction in gravel pits. Water temperature affects the rate of biochemical processes [34],
but it also influences the survival time of microorganisms [35]. Both studied gravel pits
showed decreases in phytoplankton biomass and abundance in the winter season [30],
which coincided with the higher nitrate concentration. In the summer, high water tempera-
tures, exposure to sunlight, low water levels, and increased nutrient load present favorable
conditions for algal development in gravel pits and the consequent nutrient uptake by
algae, which is responsible for the observed nitrate reduction. Additionally, higher summer
pH in the inactive gravel pit, combined with lower EC and nitrate concentration, suggest
that the activity of algae is more efficient in the inactive gravel pit. In the winter period,
the effective nitrate utilizers diatoms [36] and dinoflagelatte [37] may assist in bacterial
denitrification in nitrate reduction.

The rate of nitrate decrease is also related to the activity of gravel pits. Nitrate reduction
is affected by the lake water residence time, i.e., a longer mean residence time likely results
in increased nitrate uptake and a decrease in nitrate concentrations [3]. The residence time
of water in the gravel pit may increase with time, as the permeability of its banks changes
due to clogging [2]. Additionally, the post-excavation age of the gravel pit influences the
ecosystem metabolism of the gravel pits [9], and Cyanobacteria favor lakes with a long
residence time [38]. It is fair to assume that the active gravel pit has shorter water residence
times due to the constant excavation of gravel and sand, which enables a continuous supply
of nitrate through the inflow of fresh groundwater and affects the productivity of algae,
resulting in a smaller decrease in nitrate concentration.

Overall, different mechanisms dominate nitrate attenuation in gravel pits depending
on the season. Nitrate reduction in summer is due to nutrient uptake by algae, while the
combined effect of bacteria and algae is present in winter. Although the research emphasis
was on the comparison of the summer and winter seasons, the nitrate fate in gravel pits in
other seasons is likely transitional between these two processes. The presented results are
in accordance with [7,10], who identified denitrification and assimilation by algae as the
main nitrogen removal mechanisms in gravel pits. Based on our observations, gravel pits
act as a sink for nitrate within the studied aquifer system, therefore having a positive effect
on groundwater quality.

3.3. Metal Bio-Removal in Gravel Pits

The seasonally variable activity of algae was also seen in the analysis of selected trace
metals (Al, As, Cd, Cr, Cu, Fe, Mn, and Pb) in the gravel pit waters. The groundwater
contained very low concentrations of such trace metals, measuring from below the de-
tection limit of the instrument to the highest concentration, which was for iron around
34 μg/L (Table 2). Filtered gravel pit water samples were characterized by lower trace
metal concentrations compared to unfiltered samples, close to the concentrations found
in groundwater. During filtration, colloidal particles, algae, and bacteria are removed
from samples, together with trace metals, which are bound to them. Gravel pit lakes are
generally clear with low turbidity (low colloidal particle content), but during algal blooms,
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the turbidity is higher. It is observed that during these blooms in the warm period of the
year, trace metals were higher in unfiltered samples than in filtered ones. During the colder
period of the year, the concentrations of trace metals in unfiltered and filtered samples
were closer. This suggests the sequestration of metals from gravel pit waters by algae and
Cyanobacteria, which is especially pronounced in the warm period when their activity
is high.

Table 2. Comparison of metal concentrations in gravel pits (unfiltered and filtered pairs) and ground-
water samples. Data are shown as minimum and maximum values with mean values in parentheses.

Parameter
Inactive Gravel Pit Active Gravel Pit Groundwater

Unfiltered Filtered Unfiltered Filtered Filtered

Al (μg/L) 11.1 (144) 516 4.72 (9.98) 29.5 28.8 (84.3) 197 1.77 (1.96) 2.15 0.40 (3.62) 18.8
As (μg/L) 0.62 (1.32) 2.28 0.60 (0.83) 1.71 0.61 (0.81) 1.07 0.84 (0.88) 0.92 0.11 (0.17) 0.39
Cd (μg/L) <0.01 (0.02) 0.08 <0.01 (0.02) 0.03 0.01 (0.02) 0.02 <0.01 (<0.01) <0.01 <0.01 (0.03) 0.12
Cr (μg/L) 0.09 (0.38) 0.68 0.04 (0.12) 0.28 0.18 (0.30) 0.40 0.23 (0.24) 0.24 0.37 (0.52) 0.70
Cu(μg/L) 1.07 (2.77) 12.8 0.52 (1.63) 2.26 0.94 (1.50) 2.05 0.39 (0.58) 0.87 0.11 (0.75) 6.65
Fe (μg/L) 67.9 (366) 836 11.9 (23.2) 33.8 36.1 (112) 258 2.50 (3.05) 3.59 1.50 (9.60) 34.0
Mn (μg/L) 1.94 (20.7) 47.3 0.10 (0.47) 1.06 11.3 (25.8) 62.4 1.06 (1.81) 2.56 0.29 (0.64) 1.58
Pb (μg/L) 0.25 (1.19) 2.68 0.06 (0.57) 3.14 0.23 (0.36) 0.57 0.06 (0.13) 0.20 0.06 (0.17) 0.60

Determining the actual microbial processes of metal removal was outside the scope of
this study, but biosorption may be one of them. According to Al-Amin et al. [39], different
cyanobacterial species are reported to sequester metal ions by biosorption (occurring on the
cell surface) and/or bioaccumulation (occurring inside the cell). Among them, Microcystis,
the most dominant species in the inactive gravel pit during the summer period [18], is
reported to have removal efficiencies by biosorption of Cd (II), Cu (II), and Cr (VI) between
24–76% [40].

Using the presented results and identified biochemical processes, natural groundwater
remediation mechanisms within the studied gravel pits are depicted in a conceptual model
(Figure 5).

Figure 5. A conceptual model illustrating natural groundwater remediation processes observed in
gravel pits surrounded by agricultural land. Nitrate-contaminated groundwater and surface wash-out
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recharges the gravel pit, where nitrate is reduced through uptake by algae in the summer period,
combined with denitrification in the winter period. The nitrate decrease is more pronounced in
the inactive gravel pit and in the warm period, when microbial activity is high. The metal ions are
transported into gravel pits via groundwater, surface washout during rain events, and from machines
for gravel extraction. The bio-removal of metals from gravel pit water is closely related to algal
activity in summer, i.e., the presence of Cyanobacteria and their uptake capacity.

4. Conclusions

The main objective of this research was to explore the biochemical processes which
take place in gravel pits and have a positive effect on groundwater quality. The conducted
research provided the following conclusions:

• Highly active microbial systems are present in gravel pit lakes, where bacterial denitri-
fication and nitrate uptake by algae are responsible for significant decreases in nitrate
concentration, thus serving as a sink for nitrate within the studied aquifer system.

• These processes were more efficient in the inactive gravel pit that has a longer water resi-
dence time, resulting in increased nitrate uptake and decreases in nitrate concentrations.

• The bio-removal of dissolved metals from gravel pit water is mediated by cyanobacte-
ria, probably by the biosorption of metal ions.

• All observed processes are more pronounced in the warm period when microbial
biomass, abundance, and activity are high, which confirms that when favorable
conditions are met, microorganisms are the key factor that governs the fate of nitrate
and metals in the studied gravel pits.

Although this study has demonstrated the positive effects of gravel pits, there are
some negative aspects that pose a potential risk to groundwater quality. The excavation of
gravel pits removes the protective soil cover, thus increasing the vulnerability of aquifers
to contamination from the surface. In our case, nutrients from agricultural land are easily
transferred to groundwater by rainfall or irrigation. Opening new gravel pits could lead
to evaporation losses from the lake water surface and to the emission of N2O from the
potential denitrification process. However, it has been considered that the denitrification
activity of gravel pits does not modify the world stock of N2O [33]. Additionally, human
activities such as fish farming can affect groundwater quality by adding extra nutrients
into gravel pits, leading to eutrophication. Of particular concern are cyanobacteria, as some
species are toxic [38,39].

Gravel pits have the potential to be significant nitrate sinks in aquifers below agri-
cultural land and represent a unique approach to groundwater remediation. Considering
both the positive and negative aspects of gravel pits, their overall impact on groundwater
quality remains unclear. At this study site, future research efforts should focus on quan-
tifying the nitrate removal capacity of gravel pits. The ability to use a series of gravel
pits to provide groundwater remediation services at a regional level can be evaluated
by numerical groundwater modelling. Currently, it is questionable whether the small
number of gravel pits in the study area can significantly affect nitrate concentrations in
the aquifer, given the large volume of groundwater. From an economic perspective, the
increase in the prices of gravel and sand as construction materials opens up the possibility
of excavating new gravel pits, which is a likely scenario in the future as gravel and sand
mining represents important industrial activity in Croatia. Our research showed that the
monitoring of water quality in gravel pits is a prerequisite for understanding the processes
within gravel pits and establishing appropriate protection measures, which can ultimately
contribute to improving the quality of groundwater.
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13. Karlović, I.; Posavec, K.; Larva, O.; Marković, T. Numerical groundwater flow and nitrate transport assessment in alluvial aquifer
of Varaždin region, NW Croatia. J. Hydrol. Reg. Stud. 2022, 41, 101084. [CrossRef]
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Abstract: MercLokTM P-640 (MercLok) is a proprietary product developed by Albemarle as a mercury
(Hg) treatment technology. MercLok captures mercury and sequesters it for a long period under
ambient environmental conditions. For this project, MercLok was applied to Hg-contaminated
calcines at two abandoned Hg mine sites in northern California to evaluate its efficacy in rendering
such contaminated materials less hazardous and thereby reducing remediation project costs. The first
application (Site 1) consisted of two calcines amended with MercLok in isolated reactor buckets under
two hydrologic remediation approaches (“repository cap” and “reactive barrier”) while exposed to
ambient environmental conditions. Non-amended and amended calcines and their leachates were
analyzed for Hg content and related conditions during a five-month study period, demonstrating
>95% reduction in leachable Hg. The second application (Site 2) involved full-scale site remediation
with the application of both approaches and additional hydrologic controls to minimize run-on, ero-
sion, and runoff. Confirmation sampling and subsequent observations indicate that the amendments
and hydrologic controls effectively stabilized the site and minimized Hg releases. These application
projects demonstrate the efficacy of MercLok as a component of hydrologic controls for treating
Hg-contaminated material to achieve long-term mine site remediation objectives.

Keywords: mercury; leachate; mine; remediation; repository; reactive barrier; hydrologic controls

1. Introduction

California experienced significant mining activity during the 19th and 20th centuries,
including hard rock and hydraulic gold mining (primarily in the Klamath Mountains and
Sierra Nevada), mercury (Hg) mining in the Coast Range, and hard rock mining for copper,
silver, and other metals in portions of the Sierras and northern Coast Range. California’s
Coast Range represents one of the world’s five major Hg-mining areas [1].

The basic Hg processing systems crush Hg-rich ore, roast it in a retort or furnace to
volatilize the Hg, and recover the Hg vapor in condenser tubes [2]. The roasted material,
called “calcine”, is typically dumped in a pile on site. These Hg recovery processes produce
calcines that are exposed to the environment at the site. Mercury recovery also requires
cooling water to facilitate the condensation of the Hg vapor. For this reason, most processing
areas and calcines are located adjacent to water sources. While the most abundant Hg
ore mineral is cinnabar (HgS), the calcines after roasting contain a variety of other Hg
species, including readily soluble Hg sulfate and Hg chloride species [3]. Thus, calcines at
abandoned Hg mine sites provide a source of environmentally reactive Hg that is readily
mobilized via erosion and leaches into nearby surface water.

One pervasive legacy of these mining activities is elevated concentrations of Hg in soils,
streams, and reservoirs covering vast areas of the state. Most waterbodies downstream of
these mines are now listed by the state as impaired [4], and fish consumption advisories
are posted [5].
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Remediating mine sites can provide environmental improvements on site and
downstream [6]. The successful remediation of Gambonini Mercury Mine in 2000 by
state and federal agencies [7] provided an example in the same region, wherein consolidat-
ing mine waste and deploying subsequent hydrologic and erosion controls reduced the
amount of particulate-bound Hg transported off-site via surface water. The remediation of
the Gambonini Mine did not address the leachability of Hg from calcines.

Albemarle researched and developed the remediation amendment product MercLokTM

P-640 (hereafter “MercLok”) to capture and sequester Hg. The purposes of the projects
reported here were to quantify the effectiveness of MercLok in minimizing the leachabil-
ity of Hg, and to gain experience in applying MercLok to remediate Hg mine sites. The
successes in both cases are significant because they demonstrate the effectiveness of a
new remediation tool that efficiently enhances the effectiveness of hydrologic controls at
mine sites.

2. Project Approach

This project applied MercLok at two abandoned Hg mine sites in California’s Coast
Range. This region is characterized generally as having a Mediterranean climate with arid,
warm summers, relatively wet winters, and moderate temperatures. Both sites were mined
at multiple times with a variety of devices [8], leaving multiple piles of calcines. Both sites
are subject to regulatory pressure to address impaired downstream waters. One site owner
wishes to remain anonymous. Thus, for consistency, they are referred to herein as Site 1
and Site 2.

The first project, at Site 1, conducted field trials in containers. The study goal was to
evaluate the absolute and relative effectiveness of multiple treatment options (material
amended, amendment product, amendment dose and configuration) for controlling the
hydrology-driven leaching of Hg, and the erosion of three generations of Hg-rich calcines.
The configurations are meant to represent the performance of a “repository cap” and a
permeable “reactive barrier”. Site features were identified based on a literature review
and observations made during site assessment visits. In particular, two piles of calcines
(generated during different mining eras) were identified for treatment trials as Areas of
Concern 6 and X (AOC-6 and AOC-X).

The second project, at Site 2, implemented full-scale treatment (using multiple hydro-
logic controls, including MercLok in both repository cap and reactive barrier configura-
tions) amending a pile of calcines. Background soil samples (serpentinite, silica carbonate
rock, and sandstone-siltstone) reflected unmineralized rock with Hg concentrations below
1 milligram per kilogram (mg/kg) and mineralized rock with Hg concentrations of 120 to
350 mg/kg. The remediation goals for this site were to reduce the risks of (1) water quality
degradation posed by calcines and (2) human and wildlife exposure to Hg in the on-site
calcines. These goals were achieved by implementing three primary hydrologic controls:
(1) a repository cap—amending calcines with MercLok to reduce Hg leachability from direct
precipitation and throughflow; (2) a reactive barrier—amending the material in permeable,
subsurface, perimeter trenches; and (3) surface flow controls—installing surface hydrologic
controls to minimize run-on, runoff and associated erosion of the amended calcines.

The project proponents addressed the following environmental regulations:

• The Comprehensive Environmental Response, Compensation, and Liability Act (Su-
perfund) regulating releases of hazardous substances that pose unacceptable risks to
human health and the environment;

• The Clean Water Act regulating discharges of pollutants into waters of the USA;
• California’s Water Code regulating mine waste and drainage, as well as discharges of

pollutants into waters of the state.

3. Activities

At both sites, samples were analyzed for:
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• Total metals—Required for a general understanding of the metal concentrations and
comparison with California Title 22 total threshold limit concentrations (TTLC, a
hazardous waste criterion). The threshold for total mercury is 20 mg/kg.

• Toxicity characteristic leaching potential (TCLP)—Required for federal hazardous
waste characterization. This procedure is used to simulate a landfill environment and
to determine how much of a regulated compound will leach into the environment.
None of the Site 1 or Site 2 samples were classified as hazardous based on TCLP
analysis; therefore, TCLP results are not discussed further herein.

• Waste extraction test (WET) metals—Used to evaluate the change in hazard classi-
fication of calcines due to treatment with MercLok. Compounds are analyzed by
extracting Hg from a sample with a 10:1 ratio of citric acid solution to solid. The
California hazardous soluble threshold limit concentration (STLC) for the leachability
of Hg is 0.2 mg/L.

• De-ionized waste extraction test (DI WET) metals—A WET test in which DI water is
used as the extracting solution, which characterizes the amounts of metals that would
leach from material under the conditions most likely to be encountered at the site, was
used to assess potential threats to water quality. The California Toxics Rule limitation
is 0.05 μg/L.

• Synthetic precipitation leaching procedure (SPLP)—Developed by the federal En-
vironmental Protection Agency (EPA) to evaluate the impact of contaminated soils
on groundwater.

Based on these analyses and field observations of surface and groundwater hydrology,
calcines at Site 1 were the focus of amendment testing to compare the two hydrologic
controls, namely a repository cap and reactive barrier. Calcines at Site 2 were treated
with all three hydrologic controls (that is, both treatment configurations plus surface
flow controls).

1. Site 1 Activities

Analyses showed that AOC-X and AOC-6 materials were calcines from different
generations of ore processing. Two composite surface samples of soil were collected uphill
of the mining site and were used to represent the background soil Hg concentrations.
Table 1 below shows the Hg-specific results of lab testing.

Table 1. Key analytical results for the testing of Site 1 materials during setup.

Material Treatment Location Total Hg (mg/kg) WET (mg/L) DI-WET (μg/L)

Calcines

Non-amended
AOC-6 360 0.025 0.3

AOC-X 2700 1.1 51

MercLok
AOC-6 78–190 0.0055–0.012 <0.18–0.20

AOC-X 2600–5000 0.18–0.27 0.3–0.85

Background Soil B1 11 0.0024 0.26

Regulatory Limit <20 <0.2 <0.05

Based on DI WET extract Hg concentrations, both non-amended calcines pose a threat
to water quality at the site and are considered Group B mine waste, while non-amended
AOC-X calcines are considered as California hazardous waste. MercLok-amended calcines
are classified as Group C mine waste based on DI WET extract Hg concentrations (and
amended AOC X calcines were no longer characterized as hazardous). California mining
regulations require much less stringent containment for Group C waste compared to Group
B waste.

Field test material was obtained using hand tools (pick and shovel). MercLok amend-
ment doses (as weight percent amendment) decided based on laboratory bench tests were
0 (non-amended “controls”), 1 wt%, 5 wt%, and 10 wt%. The materials and amendments
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were weighed and placed into a cement mixer. The amended and non-amended materials
were placed directly into reactor buckets for testing in two configurations.

The repository cap configuration consisted of a layer of amended calcines on top of
clean sand. The reactive barrier configuration consisted of a layer of amended calcines on
top of clean sand, covered with a layer of non-amended calcines. Non-amended buckets
were configured in the same way.

These two configurations were mimicked on site, as shown in Figure 1. Site photos are
provided separately in Figure S1. Each reactor was a plastic 49 L bucket with a 30 cm layer
of coarse sand in the bottom. A PVC pipe with a 1.3 cm inner diameter that was open at
the bottom and perforated along the bottom 25 cm was placed in the sand/gravel layer.
The PVC pipe extended to the top of the bucket to serve as a measuring and sampling port.
All reactor buckets were contained in stock tanks to prevent the discharge of study-related
materials to the site.

Figure 1. Schematic diagram of Site 1 amended material in buckets configured to mimic a repository
cap (A) and reactive barrier. (B) Not to scale.

Each repository cap, reactive barrier and non-amended sample (14 L each) was placed
into its respective bucket and manually distributed as needed to cover the sand and touch
the sides of the bucket. The resulting thickness was about 16.5 cm. Reactive barrier
layers (including non-amended controls) were then covered with another 16.5 cm of non-
amended material.

Monitoring consisted of approximately monthly visits during the wet season. Solids
were sampled at the beginning and end of the five-month study period. Samples were
analyzed at California Laboratory Services (California Water Boards Environmental Labora-
tory Accreditation Program (ELAP) certificate # 1233) for the TCLP of metals, WET metals,
DI WET metals, and total metals. Samples were analyzed at Eurofins Environment Test-
ing in West Sacramento, CA, using the synthetic precipitation leaching procedure (SPLP)
(ELAP # 2897).

The leachate was sampled, approximately monthly after the first month, by placing
tubing through the PVC pipe and using a peristaltic pump to withdraw water from the
sand layer. Because the study occurred during a significant drought, the lack of rainfall was
supplemented with DI water to represent normal seasonal precipitation levels. Samples
were analyzed for (among other metals) total and filtered Hg, total suspended solids,
cations and anions, and field parameters (pH, temperature and specific conductance).
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The volume of water needed to fill the sample containers for these analytes was about
2.5 L. Field parameters (pH, specific conductance, and temperature) were measured with
calibrated field meters.

2. Site 2 Activities

At Site 2, calcines and background soil samples were sampled, and a subset were
amended with MercLok. Several analyses were used to characterize the material, but key
for this paper is that based on WET extract concentrations, the calcines were characterized
as a California hazardous waste, and based on DI WET extract Hg concentrations, the
calcines posed a threat to water quality at the site. Site 2 non-amended calcines were
considered Group B mine waste. MercLok-amended calcines are classified as Group C
mine waste based on WET and DI WET extract concentrations. In accordance with Title 27
§22480(d), another factor considered in the classification of the amended calcines as Group
C mine waste is that amending the calcines with MercLok constitutes treatment to minimize
the threat to water quality and minimizes the need to install waste containment structures.

Hydrologic controls implemented for Site 2 are shown in Figure 2. Site photos
are provided separately in Figure S2. Hydrologic controls included, from upstream
to downstream:

• An access road low water crossing to reconnect perennial spring discharge with a
natural channel away from edge of calcines.

• Grading, mulching, seeding native grasses, and straw wattles on all bare soils to retain
moisture, slow overland flow and promote stabilizing vegetation.

• A berm and ditch above the site to divert runoff around the pile.
• An upstream reactive barrier and an overlying berm to direct surface run-on and

interflow through the reactive barrier for treatment.
• A repository cap to treat the pile surface.
• A rock retaining wall on downstream pile slope.
• A downstream reactive barrier and an overlying berm to direct surface runoff and

interflow through the reactive barrier for treatment.

 

Figure 2. Site 2 amended calcine pile’s vertical cross-sectional design. Blue arrows show the flow
paths of infiltrating water that does not contain leachable Hg. Pink arrows show the flow paths of
seepage that could contain Hg. The reactive barrier at the downslope edge of the calcines is intended
to prevent the migration of Hg through the amended seepage face.

4. Technologies

Albemarle’s amendment product, MercLokTM P-640 (hereafter “MercLok”;
www.albemarle.com), is a brominated porous material with a unique ability to capture and
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sequester mercury. Multiple forms of Hg found in a range of soils and industrial wastes can
be transformed and interact chemically with MercLok, resulting in the long-term seques-
tration (i.e., remediation) of mercury by the product. With high efficacy and low loading
requirements, the powder-based material can be delivered in 454 kg “supersacks” and
applied using basic techniques for moistening and mixing into contaminated material.
We believe that in most cases, MercLok’s cost-in-use value is lower than that of other
amendments due to MercLok’s higher efficacy in capturing and sequestering Hg in the
long term.

Using industry-accepted analyses [9–11], studies predict long-term stability across a
range of soils and conditions. MercLok is not classified as a skin or respiratory sensitizer
or as toxic through inhalation, oral or dermal exposure. Environmental toxicology tests
on indicator species in water and soil (daphnia, fathead minnow, redworms) suggest that
the current product has a favorable safety profile for its intended use at contaminated sites.
No acute toxicity with up to 10 wt% MercLok was observed from soil biota using OECD
Method 207 [12]. Ecotoxicity studies with MercLok using indicator species (water fleas and
fatheaded minnows) confirmed that MercLok is not categorized as an aquatic toxin [13,14].
See Supplementary Technology Information for additional reading.

5. Project Details

Field test results (Site 1) and remediation performance results (Site 2) are presented in
this section.

1. Site 1 Details

For Site 1, samples of the amended material quantify Hg mobility prior to and after
amendment and during and after several months of exposure to weather at the site. The
dates of such samples are set forth in Figure 3. The effectiveness of the amendments is
assessed via the comparison of Hg concentrations detected in leachates created by the
exposure of the materials to weather at the site, with background soil leachates and water
quality protection-based thresholds, and through the comparison of the pre- and post-trial
solid results with relevant thresholds.

 
Figure 3. Site 1 total Hg in AOC-X leachate shows that MercLok significantly reduced leachability.

Samples of the leachate that passed through the buckets were collected four times
during the field study. The total Hg leached by the rainwater through the AOC-X buckets
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with MercLok-amended calcines (two duplicates with 5 wt% and a third with 10 wt% doses)
was compared with that in the control buckets (Figure 3). These results demonstrated a
97% reduction in leachable Hg as compared to the control.

Total and leachable Hg concentrations from amended AOC-6 were much lower than
non-amended AOC-X. Thus, the differentiation between the AOC-6 control and the AOC-6
amended calcines was commensurately lower as well. AOC-6 calcines were amended with
1 wt% and 5 wt% MercLok and arranged in both configurations. Both configurations using
MercLok demonstrated significant reductions in the leachable Hg to levels even below the
leachability of background soil (Figure 4). Even by assuming non-detected values at the
detection limit and including the outlier in the amended samples, there is a significant
reduction from the control to amended AOC-6 DI WET Hg (p = 0.0479; alpha 0.05%).
Furthermore, even though the reactive barrier configuration nominally held twice as much
total Hg as the repository cap configuration, there was no difference in the leachable Hg
(except for one outlier).

 

Figure 4. Site 1 Hg in DI-WET leachate from each reactor bucket shows that MercLok reduced the
leaching of Hg from AOC-6 to concentrations below that of background soil.

Samples for methylmercury (methyl Hg) in leachate were taken during the second
and final sampling periods and only from buckets with 5 wt% of MercLok dosed into
AOC-6 and AOC-X. Methyl Hg concentrations in leachates were reduced by 77% and 78%
from AOC-6 (Figure 5) and 76% from AOC-X (Figure 6). Since other testing has shown
that methyl Hg reduction has a similar slope to total Hg, it is expected that the analysis of
methyl Hg from the 10 wt% dosages of MercLok in AOC-X would have resulted in even
greater reductions. The analytical results for other total metals in leachate are available in
Supplementary Table S1.
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Figure 5. Site 1 MeHg was significantly reduced in AOC-6 leachate due to MercLok.

 
Figure 6. Site 1 MeHg was significantly reduced in AOC-X leachate due to MercLok.

Sampling and analysis of AOC-X calcines immediately after treatment with MercLok
at 10 wt% showed that leachable Hg reduced below the CCR Title 22 limit of 0.2 mg/L
(Figure 7).
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Figure 7. Site 1 AOC-X solids results for DI-WET extracts during trial setup (5 January 2021).

2. Site 2 Details

For Site 2, water was added to each MercLok supersack to attain a pourable slurry
of 40% solids. The reactive barrier was excavated into the calcine pile’s perimeter soil.
Calcines (upgradient) or local sandy soil (downgradient) was mixed with MercLok at
approximately 10:1 (base:MercLok) dry weight ratio. The moistened mixture was placed
into the trench. About 1800 kg of MercLok was applied in a 30 m trench. The predominately
clayey soil excavated from the downgradient trench was compacted into its overlying berm.

The MercLok slurry was placed onto the calcine pile using a backhoe and hand shovels,
and scored into the upper one foot of calcines until uniform in appearance (uniform dark
color) to achieve about 5% MercLok by weight. Water was also sprayed onto the amended
surface, which served to mobilize MercLok from concentrated chunks to less concentrated
pockets. About 4500 kg was applied to the calcine pile surface. The amended surface area
is about 279 m2.

The amended calcines were track-walked for compaction and graded to ensure positive
drainage so that ponding did not occur within the amended calcines and to prepare the
amended calcines for the installation of surface flow/erosion control measures including
straw mulch, straw wattles and the broadcast seeding of native grasses and forbs. Erosion
was monitored through the first rainy season and control features (berms, ditches, and
retaining wall) were maintained. Vegetation grew readily on all amended areas.

Upon construction completion, confirmation samples of amended calcines were col-
lected from four areas (one each from the upslope and downslope reactive barriers, and
two from the amended calcines), each as a four-point composite sample. The subsamples
were then sieved using a 2 mm sieve to remove coarse particles, homogenized in the field
and submitted as composite samples for analyses. For quality control, a field duplicate
sample and a non-amended sample were also obtained. Standard lab quality control and
quality assurance measures were also performed.

The confirmation sample collected from the downgradient trench was analyzed for
CAM 17 metals using EPA Methods 6020 and 7471, and for total solids using EPA Method
2540. Confirmation samples collected from both the calcine pile and the upgradient trench
were analyzed for Hg using EPA Method 7471 (for comparison with the TTLC) and for
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total solids using EPA Method 2540, while the waste extraction test (WET) (for comparison
with the STLC), and DI WET were employed for comparison with the background and
criteria protective of water quality (Table 2).

Table 2. Comparison of Site 2 Hg in non-amended and amended calcines in confirmation samples.

Material
Total Hg (mg/kg

Wet Weight)
Hg in TCLP

Extract (mg/L)
Hg in WET

Extract (mg/L)
Hg in DI WET
Extract (mg/L)

Non-amended
Retort Calcines 379 <0.010 0.441 0.2

Amended Retort
Calcines 239 to 318 NA 0.119 to 0.184 <0.0010

N Pile Calcines 865 0.0496 1.13 3.46

Upgradient
Trench 18.1 NA NA NA

Downgradient
Trench 25.3 NA 0.00548 <0.0010

North Area 66.9 NA 0.00710 <0.0010

North Area
Duplicate 27.7 NA 0.00621 <0.0010

South Area 48.5 NA 0.00493 <0.0010

Background Soil 259 <0.010 0.0224 0.0445

Regulatory
Threshold 20 0.2 0.2 0.00005

Notes: Bold values exceed background and regulatory thresholds. TCLP = Toxicity Characteristic Leaching Proce-
dure. STLC = Soluble threshold limit concentration. WET = California waste extraction test. DI WET = Deionized
waste extraction Test. mg/kg = milligrams per kilogram. mg/L = milligrams per liter. < = less than the given
value. NA = not analyzed.

The mercury concentration in WET extracts from non-amended calcines was
0.44–1.13 mg/L, above the 0.2 mg/L soluble threshold limit concentration (STLC) cri-
terion for California hazardous waste classification (as per 22 CCR Section 66261.24(a)(2)).
The mercury concentration in WET extracts from amended calcines was 0.005–0.007 mg/L,
which is below the STLC criterion (and less than that in the WET extract from background
soil). The mercury concentration in DI WET extracts from non-amended calcines was
0.2–3.46 mg/L, while it was not detected (<0.0010 mg/L) for amended calcines. The mer-
cury concentration in this amended sample extract was about 40 times less than that
observed for background soil (0.044 mg/L).

6. Conclusions

For Site 1, the proximity of erosive calcine tailings to surface water and the shallow
depths of groundwater at the site indicate that basic site improvements such as erosion
control and revegetation are not likely sufficiently protective of water quality. Without
amendment, acceptable remedies for these calcines would include excavation, transport
and disposal at a suitably permitted off-site disposal facility or an on-site liner and cap
system followed by long-term maintenance and monitoring. Both remedies are costly
and environmentally disruptive. The ability to amend the calcines with 5 wt% MercLok
in either repository cap or reactive barrier hydrologic control configurations in order to
remove hazardous leaching characteristics and stabilize Hg at levels protective of water
quality under the site conditions makes it possible to construct a Group C on-site repository
efficiently and at a lower cost.

The project at Site 2 successfully addressed its goals and objectives. The project team
adequately prepared the site, followed its work plan and worker safety protocols, applied
MercLok in the intended areas and concentrations using both treatment configurations, and
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controlled erosion with surface flow hydrologic controls. Confirmation samples document
that MercLok treatment effectively controlled Hg leachability in calcines. The amendment
of the calcines with MercLok reduced Hg in the leachate to concentrations below those
detected in the leachate from background soils and below California hazardous waste
classification criteria. With long-term monitoring and maintenance, the site is expected to
serve for years to come as a positive example of effective Hg mine site remediation.

The excavation of mine waste and transport for off-site disposal at a permitted facility
is often required to remediate contaminated mine sites, and this can be prohibitively
expensive, dangerous, and energy-intensive. Similarly, the construction of an engineered,
on-site, multi-layered containment system with integrated leachate control and removal
system for hazardous wastes is also costly. The amendment of calcines consolidated on-site,
treated with MercLok and protected from erosion using routine best management practices,
renders the remediation of remote sites feasible.

7. Recommendations for Future Direction

Site 1 warrants remediation based on the site assessments and field testing performed
to date. Hydrologic controls recommended to stabilize the site and minimize the down-
stream transport of mining material and its leachate include (1) recontouring steep waste
material piles and revegetating with native, drought-tolerant plants, (2) maintaining the
earthen berm separating the adjacent road runoff, (3) partially filling a ditch to prevent
further headcut, (4) maintaining the site’s culvert entrance and outlet to ensure that runoff
from the upper watershed does not flow through the mining material, and (5) isolating
groundwater seepage from the mine waste and repairing rills and gullies in the mine area
to prevent continued erosion. On-site calcines should be consolidated and then amended
with MercLok as a repository cap with a reactive barrier to control any leachate, and the
best management practices should be applied to minimize erosion.

There are many abandoned Hg mines in the Coast Range stemming from its legacy of
Hg mining, and a broad set of stakeholders are interested in addressing them as a source of
contamination. At prospective Hg mine remediation sites, MercLok may be tested on mine
wastes such as waste rock, ore, and overburdens that leach Hg above the threshold for
hazardous waste or at concentrations that pose a threat to water quality, as well as calcines
to determine if hazardous characteristics can be removed through amendment, and/or
if leachable Hg can be reduced to concentrations protective of water quality under site
conditions.

Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/hydrology10070155/s1. Figure S1: Site 1 photos. (A) Calcine pile
hardened and fractured above the stream channel. (B) Sampling leachate from test buckets at Site
1; Figure S2: Site 2 photos. (A) Handling MercLok supersacks for the calcine cap. (B) Digging the
lower permeable reactive barrier (left) and filling it with MercLok-amended sandy soil (right). (C)
Views of the remediated calcine pile from above (upper) and below (lower) with key components
identified. Supplementary Technology Information with additional MercLok stability testing results.
Supplementary Table S1 with the total metals in the leachate for Site 1.
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Abstract: The complex contamination of groundwater near radioactive waste repositories by nitrates
and actinides is a common problem for many nuclear fuel cycle facilities. One of the effective methods
to remove nitrates and reduce actinide migration activity is bioremediation through the activation of
native microbial communities by soluble electron donors and carbon sources. This work evaluated
the effectiveness of using simple and complex electron donors to remove nitrate in the microbial
community in an aquifer near the B2 storage of the Siberian Chemical Combine (Seversk, Siberia).
The addition of sugar and milk whey led to the maximum efficiency of nitrate-ion removal and a
decrease in the redox potential of the system, creating optimal conditions for the immobilization
of actinide. Special attention was paid to the behavior of uranium, plutonium, neptunium, and
americium under conditions simulating groundwater when sugar, acetate, and milk whey were
added and when microbial metabolic products were formed. Neither microbial metabolites nor
organic solutions were found to have a significant effect on the leaching of neptunium. At the same
time, for plutonium, a decrease in yield was observed when rocks were treated with organic solutions
were compared to groundwater treatment without them. Plutonium leaching is significantly affected
by rock composition. In rocks with a low clay fraction content, its yield can reach 40%. At the same
time, microbial metabolites can increase americium (Am) desorption from rocks with a low clay
fraction content. Additionally, particle size analysis was performed using a step-by-step filtration
approach, aiming to evaluate the risks that are associated with colloidal phase formation. It was
shown that microbiological stimulation resulted in particle enlargement, substantially diminishing the
presence of actinides in the form of dissolved or sub-50 nm nanoparticles. This outcome significantly
reduced the potential for colloidal and pseudocolloidal transfer, thereby lowering associated risks.

Keywords: in situ bioremediation; actinides; aquifers; organic substates; milk whey; acetate; sugar;
denitrification; desorption

1. Introduction

The contamination of groundwater with actinides due to accidents and unsafe storage
of radioactive waste poses a long-term uncontrolled migration risk and the potential for the
entry of such pollutants into water supply systems [1–3]. Low-level radioactive waste repos-
itories with open-type storage are considered to be a significant part of the groundwater
contamination problem [4–6]. Such storage facilities were used in the uranium enrichment
process and nuclear fuel reprocessing plants in Russia and other countries during the
mid-20th century. Currently, these storage facilities are either undergoing preservation or
have already been preserved, and the areas have been remediated [7–9]. However, after

Hydrology 2023, 10, 175. https://doi.org/10.3390/hydrology10080175 https://www.mdpi.com/journal/hydrology88



Hydrology 2023, 10, 175

more than 50 years of operation, the protective properties of engineering barriers under
the influence of technological and natural factors are gradually decreasing, and this results
in increased permeability and subsequent contamination of aquifers with soluble waste
components. For uranium mining, processing plants, and sublimation plants, the contam-
ination of groundwater with macrocomponents, such as nitrate, sulfate, carbonate, and
ammonium ions, as well as microcomponents, including radioactive elements (Ra, Th, and
U) and stable elements (As, Cr, Fe, Mn, Ni, V, Zn, etc.), poses a significant issue [4,10,11].
In the case of open-type radioactive waste storage basins, besides nitrates and sulfates,
the migration of soluble forms of long-lived radionuclides, such as actinides (U, Np, Pu,
and Am) and fission products (Cl, Cs, Se, Sr, and Tc), into groundwater poses a greater
risk. It is important to note that the solubility and the migration ability of many elements
in higher oxidation states (U, Np, Pu, Se, and Tc) increase in the presence of nitrate and
carbonate ions, certain organic complexing agents, iron-bearing clay, and organic colloidal
particles [11–17]. The distribution of radioactive and chemical pollutants in groundwater,
in addition to their chemical properties, depends on the porosity of aquifers, the mineral
composition of surrounding rocks, and the characteristics of hydrodynamic regimes within
aquifers. One of the factors influencing the migration of pollutants in groundwater is the
biogeochemical one, which is driven by the activity of subsurface microflora capable of be-
ing activated by bioavailable elements present in the waste (C, Fe, N, S) [18–22]. In the case
of complex contamination, one suitable method for removing nitrogen, sulfur, and actinides
is in situ bioremediation, which involves the injection of inexpensive soluble substrates
in order to activate the microbial community [23–26]. Microbial processes facilitate the re-
moval of nitrate ions through denitrification (i.e., the reduction of nitrate ions to molecular
nitrogen) and the removal of ammonium through nitrification (i.e., the two-step oxidation
of ammonium in the presence of oxygen). This technology has proven successful, and it
has been actively used worldwide for several decades [5,27,28]. A range of inexpensive
soluble organic compounds, such as methanol, acetate [29,30], or more complex substrates,
including vegetable oil [31,32], are used as substrates for bioremediation. The choice of
substrate depends on the microbial composition of the groundwater and hydrogeological
parameters. Hydrophobic complex substrates are used when groundwater flow rates are
high [33].

In the case of bioremediation, an important task is to assess the impact of the substrate
on the behavior of actinides. It is known that actinides could form soluble complexes
with organic substances, which can increase their migration activity [2,3]. Complexes of
uranium with isosaccharinic acid and other products of microbial metabolism have been
well studied [34]. Some soluble substrates could lead to the desorption of actinides from
rocks due to soluble complex formation. In our previous work, it was determined that
bioremediation could reduce the risk of colloidal and pseudocolloidal transport of actinides
through the aggregation of colloids by microbial metabolites during in situ bioremediation
of groundwater near the B2 storage facility at the Siberian Chemical Combine [12]. In this
case, milk whey, sugar, and acetate were all used in laboratory and field experiments. Their
addition during in situ bioremediation led to the removal of nitrate ions and the formation
of reducing conditions in the formation [24] that were favorable for the immobilization
of actinides.

This study aims to select the most optimal substrate for nitrate removal in groundwater
samples from the horizon near the B2 storage facility at the Siberian Chemical Combine
in order to assess the possible impact of these substrates on actinide immobilization and
remobilization as well as the risk of forming colloidal phases. The obtained results will
serve to develop recommendations for industrial stakeholders to enhance the monitoring
and the control of radioactive waste repositories and contaminated areas, thereby ensuring
better environmental protection and safety measures in handling radioactive materials.
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2. Materials and Methods

2.1. Water Samples

The main flow of groundwater in this aquifer is located at a depth of 10–20 m and
depends on the local content of the clay phase of 10–30 m/year. When unloading the
aquifer into the nearby river, soluble components of waste are possible. The study used
groundwater samples taken from a highly polluted area (sample 1) and from an uncontam-
inated area (sample 2) near the B2 storage facility at the Siberian Chemical Combine at a
15 m depth (Table 1).

Table 1. Physico-chemical parameters of water samples.

Well 1 2

Sampling depth, m 15 15

TOS Salinity, mg/L 3952.0 109.0

pH 6.58 6.41

Eh 65 −30

Oxidizability, mg O/L 13.10 5.11

Fe(total) 0.25 2.38

Na+ 604.0 3.41

K+ 3.09 0.59

Ca2+ 316.60 15.39

Mg2+ 63.20 2.76

NH4
+ 7.64 <0.5

NO3
− 2517.0 0.77

SO4
2− 72.40 0.84

Cl− 4.52 2.26

HCO3
− 331.0 67.10

NO2
− <0.2 <0.2

Sample 1 was taken at a distance of 20 m from the storage in the direction of the
groundwater flow. Sample 2 was taken at a distance of 60 m from the other side of the
storage away from the direction of the groundwater flow. The technogenic impact was
caused by an increase in the concentration of soluble waste components: nitrate ions,
hydrocarbonate, and ions Na, K, Ca, Mg, and NH4. A decrease in iron content was
noted, which was probably due to its oxidation in an oxidizing environment as well as
the formation of low-soluble phases. The composition of microbial communities has been
described in our previous work [24]. It was found that the samples contained a significant
group of bacteria capable of being nitrate reducers (denitrifiers) and sulfate reducers as
well as iron reducers.

2.2. Sandy-Loam Samples

Rock (sandy loam) samples with different clay fraction contents from contaminated
and background areas were used. The loam samples were taken at different distances from
the repository at a 15 m depth. Samples s2, s3, and s4 were all taken near the repository,
and they have a greater technogenic impact. Sample S2 was taken at the point of water
sample 1, and sample s1 was taken at the point of water sample 2 in the uncontaminated
zone. Sample s3 was taken at a distance of 30 m from the repository, and sample s4 was
taken at a distance of 40 m from the repository. The choice of loam sample selection points
was dictated by the importance of evaluating the technogenic factor in changing their
sorption parameters in relation to actinides. All of the samples had a typical mineralogical
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composition, with a predominance of quartz from 36% (n5) to 53% (n4) and CMP from
10% (n5) to 23% (n2). Up to 25% albite was detected in the sample with a low KSP content.
Goethite phase was detected in most of the samples, with a maximum content of up to
4% in sample s1. Samples s1, s3, s4, and s5 contained siderite up to 4% (s1,s5). Sample n2,
taken near the repository, contained calcite, which was most likely due to the high calcium
content from the repository. It is possible that anthropogenic influences led to a decrease
in both goethite and siderite content and to an increase in both smectite and illite content
(Tables 2 and 3).

Table 2. Elemental composition of sandy loams, mass%.

Sample Na2O MgO Al2O3 SiO2 K2O CaO TiO2 MnO Fe2O3 P2O5 S

s1 1.68 1.14 8.64 79.32 1.69 1.46 0.39 0.038 2.75 0.07 0.09

s2 3.18 2.80 7.78 74.20 1.98 4.45 0.01 0.001 2.15 0.05 2.78

s3 1.11 0.98 11.81 77.51 2.82 0.44 0.600 0.11 4.41 0.10 <0.02

s4 1.20 0.96 11.69 79.03 3.00 0.46 0.570 0.06 2.84 0.08 <0.02

s5 1.2 1.4 13.4 75.7 2.9 1.5 0.78 0.11 2.9 0.1 <0.02

Table 3. Mineral Composition of sandy loams, %.

Mineral Phase
Samples

s1 s2 s3 s4 s5

Quarz 50 42 49 53 36

Siderite 4 - 3 1 4

Calcite - 4 - - -

Potassium feldspar 22 20 20 20 10

Albite 3 6 - - 25

Amphibole - - - - 2

Goethite 4 2 3 1 -

Smectite 8 13 5 5 10

Kaolinite 3 3 5 5 5

Illite 5 10 5 5 5

Chlorite - - - - 3

At the same time, the total iron content in the sample was insignificantly different
from the others. This could be a consequence of the dissolution of crystalline phases and
the formation of both X-ray amorphous phases of iron oxide and the penetration of this
element into the interlayer space of clay minerals. In the remaining samples, the clay
mineral content ranged from 15% to 20%.

2.3. Methods

Substrate screening was carried out using 20 mL of water samples in 30 mL hermeti-
cally sealed penicillin vials, where dissolved sterilized organic additives were added at a
concentration of 2–4 g/L, depending on the sample. Sterilized nitrate ions solution was
added to sample 1 to a final concentration of 1000 mg/L. The experiment was carried out
for 28 days by measuring the content of nitrate and nitrite ions in the water phase at a
temperature of 12 ◦C, which was close to natural conditions. The gas phase was represented
by argon. The rate of nitrate removal and nitrite formation was defined as the difference in
their concentrations at the start and the end point, divided for an experimental time.
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Sorption experiments were carried out with in sealed penicillin vials, which were
preliminarily purged with argon. Radionuclide solutions (10−7 M of 233U, 237Np, and
239Pu) were injected with an insulin syringe. The phase ratio was 0.1 g/mL. Radionuclides
were added to air-dried rock samples (1 g weight) in nitrogen-oxide form with a maximum
concentration in a minimum volume (0.01 mL) of solution. After addition, samples were
moistened and stirred thoroughly for 60 days [14,35]. The samples were then air-dried
and stored for 6 months in sealed tubes in a refrigerator. Solutions of a mixture of sugar,
acetate, and whey (2 g/L) were used as the leaching aqueous phase. The volume of the
aqueous phase was 5 mL. The establishment of equilibrium was monitored by conducting
measurements on 1 mL aliquots of the solution at specific time intervals, including 15 min,
75 min, 6 days, and 34 days.

Desorption experiments. Radioisotopes 239Pu, 237Np, and 152Eu in the form of nitric
acid were introduced into 1 g air-dried rock samples, with the maximum concentration in a
minimal volume (0.01 mL) of solution. After the introduction, the samples were moistened
and subjected to thorough agitation for a duration of 60 days.

Subsequently, the samples were dried to an air-dried state and stored for 6 months in
sealed vials in a refrigerator. A solution composed of a mixture of sugar, acetate, and whey
(at a specific concentration) was utilized as the leaching aqueous phase. The volume of the
aqueous phase was 5 mL. After removing the supernatant liquid, the rocks were treated
with a 0.04 M NH2OH·Cl solution in 25% CH3COOH with a volume of 5 mL, followed
by intensive agitation, and they were then left in contact for 10 days. Subsequently, the
aqueous phase of the rocks was opened with a mixture of hydrofluoric and sulfuric acid in
order to calculate the balance of the radioisotope content after radiochemical analysis.

The size of particles in the samples was determined by step-by-step filtration with
syringe-mounted Vladipor (Russia) filters that were 2.4, 1.2, 0.8, 0.4, 0.22, 0.1, and
0.05 μm in diameter [36]. The concentration of the ions and radionuclides was determined in
each filtrate.

Analysis of the loam samples composition was carried out by X-ray phase analysis on a
Panalytical Aeris powder X-ray diffractometer with Cu Kα anode at 40 kV and 15 mA at the
Shared Use Center, Institute of Physical Chemistry and Electrochemistry, Russian Academy
of Sciences. For XRD analysis after drying, the samples were ground in a corundum mortar
to a powder state. The survey was carried out on a PANalytical AERIS device (Malvern,
United Kingdom). The sample was taken from 2◦ to 65◦ 2θ in 0.002 increments and
a ¼ rad slit. The obtained results were interpreted using the HighScore Plus program,
PDF2 database.

Anion and cation concentrations were measured using a CGE capillary electrophoresis
system (Capel-105M, LUMEX Instruments, Sankt Peterburg, Russia).

The determination of Eh and pH values were carried out using an ANION-4100 pH
meter/ionomer (Novisibirsk, Russia) with an electrode combination.

Radiochemical analytic. The equilibrium for neptunium was achieved at the slowest
rate, taking 6 days, whereas europium and plutonium reached equilibrium within 75 min.
Based on these observations, all desorption experiments were conducted with a desorbent
solution incubation period of 6 days. The plutonium content was determined by alpha spec-
trometry, neptunium was determined by the luminescent method [36,37], and europium
was determined by gamma spectrometry. In this study, europium was used as a model for
studying americium. Therefore, the results will be provided as americium studies.

3. Results

3.1. Screening of Substrates for Nitrate Removal (Accumulation of Nitrite Ions) in Samples
of Groundwater

Table 4 presents the results of the substrate screening for denitrifier activation in
groundwater samples from wells 1 and 2. A sample from well 2, which had the lowest
contamination, was supplemented with sodium nitrate at a concentration of 1 g/L. It
was found that milk whey (MW), glucose (Gl), and sodium acetate (Ac) based on nitrate
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removal rates were the most optimal substrates for activating denitrification processes in
both samples. These substrates resulted in low nitrite accumulation rates (columns 3, 5).
Previously, using milk whey at various concentrations in field experiments showed high
effectivity of nitrate removal in situ in our research [24] and in other research [37,38] due to
its complex composition and the presence of bioavailable elements, including potassium,
phosphorus, etc.

Table 4. Rates of nitrate removal/nitrite accumulation in groundwater samples 1 and 2, mg/L/day.

Substrates

Sample 1 Sample 2

NO3
−

Removal
NO2

−
Accumulation

NO3
−

Removal
NO2

−
Accumulation

Hydrogen 89.1 0.2 102.6 0.5

Methanol 106.2 5.0 41.8 7.9

Ethanol 96.5 2.9 92.2 8.4

Glycerin 45.7 2.9 55.8 3.9

Oxalate 33.4 8.6 32.4 11.4

Acetate 115.1 4.3 160.6 6.8

Lactate 86.5 4.3 39.5 3.9

Glucose 96.5 2.1 104.1 6.7

Sucrose 136.1 5.0 106.5 7.5

Milk whey 232.8 0.2 136.7 0.15

Brewing waste 222.1 16.7 94.0 0.56

Sunflower oil 78.6 16.0 56.8 1.1

3.2. Distribution of Radionuclide Forms in the Solution/Sediment System in A Sample of
Natural Water

The distribution of actinides between the solid and liquid phases in samples before
and after microbial processes are presented in Figure 1. At the beginning of the experiments,
more than 85% of uranium was in the liquid phase, and the maximum removal effect was
achieved by milk whey (MW), with a removal efficiency of over 85% from the solution.
This can be attributed to the high intensity of the microbial processes and the presence
of phosphates in MW, which could create low-solubility precipitates with uranium. The
removal efficiency of uranium using acetate and sucrose reached 70–75%. For the other
actinides, the maximum removal efficiency from the solution was also observed when MW
was added, specifically 95% for neptunium, 98% for plutonium, and 92% for americium.
The removal efficiency of americium and plutonium through microbial activation using
acetate and sucrose was above 90%, while for neptunium, the removal efficiency was
over 65% when sucrose was added, and was around 78% when acetate was added. It
is important to note that in sample 2 with a nitrate content of 3.2 g/L, before microbial
processes, more than 85% of uranium, 78% of neptunium, 55% of americium, and 45% of
plutonium were present in the solution. This could be related to hydrolysis processes of
actinides and their binding with clay and iron colloidal particles in water. Previously, we
described the binding process of natural colloids during the flow of microbial processes
in a sample of groundwater with the stimulation of microbial processes by molecular
hydrogen [12].
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Figure 1. Actinide distribution between solid and liquid phase before and after microbial processes
in sample 2 stimulated by milk whey (MW), glucose (Gl), acetate (Ac), and without stimulation (NA).

3.3. Actinides Size Distribution in a Sample of Natural Water after Substrates Addition

At Figure 2A–D, the distribution of actinides between the solid and liquid phases be-
fore and after microbial processes in sample 2 are shown. In the samples without microbial
activation (NA), more than 60% of uranium (Figure 2A), 45% of neptunium (Figure 2B),
30% of plutonium (Figure 2C), and 50% of americium (Figure 2D) were dissolved or in the
form of nanoparticles smaller than 50 nm.

 
(A) (B) 

 

(C) (D) 

Figure 2. (A) Uranium content in particles by size distribution in sample 2 stimulated by milk whey
(MW), glucose (Gl), acetate (Ac), and without stimulation (NA). (B) Neptunium content in particles
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by size distribution in sample 2 stimulated by milk whey (MW), glucose (Gl), acetate (Ac), and without
stimulation (NA). (C) Plutonium content in particles by size distribution in sample 2 stimulated by
milk whey (MW), glucose (Gl), acetate (Ac), and without stimulation (NA). (D) Americium content
in particles by size distribution in sample 2 stimulated by milk whey (MW), glucose (Gl), acetate (Ac),
and without stimulation (NA).

It was found that when MW was added, more than 85% of uranium was present
in particles larger than 1200 nm. When acetate and glucose were added, the content of
particles larger than 1200 nm was 70–75%. Moreover, the content of dissolved and colloidal
forms smaller than 50 nm was no more than 5% when MW and acetate were added, and it
did not exceed 10% when glucose was added (Figure 2A). After microbiological stimulation
in the case of neptunium, the formation of particles larger than 1200 nm was observed,
contributing to over 80% of the total. The contribution of dissolved and small colloidal
forms was below 5% (Figure 2B). In the case of plutonium and americium, the proportion
of particles larger than 1200 nm was more than 90%, while particles smaller than 50 nm
accounted for less than 50% (Figure 2C,D).

3.4. Actinides Sorption on Rock Samples in the Presence of Milk Whey, Sugar, Acetate, and
Metabolites

Figure 3 presents the distribution coefficients of U, Np, Pu, and Am in rocks obtained
from wells B2-32 and B2-38 in the presence of milk whey (MW), glucose (Gl), acetate (Ac),
metabolites (Mb), and without additives (NA). For all of the radionuclides in each media,
a slightly higher distribution coefficient was observed for sample 1 compared to sample
2. It should be mentioned that sample 1 contained a higher concentration of iron-bearing
minerals, such as siderite and goethite (see Table 2), and this could contribute to better
retention of radionuclides by the rock. Furthermore, the highest distribution coefficient
was consistently found in the presence of milk whey, while the lowest was observed for the
glucose. The highest distribution coefficient was noted for americium, with a comparable
value for neptunium, while the coefficients for uranium and plutonium exceeded them by
nearly threefold.

Figure 3. The distribution coefficient of Np, Pu, and Am in soils in the presence of organic additives and
metabolites, cm3/g NA, no additives, milk whey MW, glucose Gl, sodium acetate, Ac, metabolites Mb.
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3.5. Desorption of Radionuclides from Rock Samples in the Presence of Substrates

The leaching was measured (Eq) into two different medium water and metabolites,
and, after that, leaching by hydroxylamine (HA) was carried out. Figures 4–6 represent
the leaching results of Pu, Np, and Am, respectively, into metabolites (right-hatch pattern)
and water (left-hatch pattern), followed by the subsequent leaching in the presence of
hydroxylamine (white-colored bars).

Figure 4. Total amount of plutonium desorption from the rock in the presence of metabolites (right-
hatch pattern, white and grey bars) and without additives (left-hatch pattern, white and grey)—white
bar’s for natural water (Eq) and by hydroxylamine (left-hatch pattern).

Figure 5. Total amount of neptunium desorption from the rock in the presence of metabolites
(right-hatch pattern, white and grey bars) and without additives (left-hatch pattern, white and grey
bars)—white bars for natural water (Eq) and by hydroxylamine (left-hatch pattern).

For Pu, Np, and Am, leaching percentages ranged from 16% to 37%, 14% to 70%, and
35% to 51.5% for all of the samples. The lower contribution of hydroxylamine to overall
leaching in the case of Np was observed. Plutonium demonstrated the highest overall des-
orption in samples 3 and 4, while europium showed this trend in samples 2 and 5. Notably,
plutonium exhibited comparable desorption values with both metabolites and water. In
the case of americium, leaching with HA was generally higher, particularly in samples 2
and 5, which displayed maximum leaching. The leaching percentages of radionuclides
into metabolites indicated a preferential interaction between the radionuclides and organic
components that were present in the samples. As previously mentioned, minerals such as
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siderite and goethite could be crucial to the affinity of the rock with radionuclides. Sample
1 contained the highest fraction of siderite and goethite, while sample 3 had a value close
to this but still lower. Furthermore, sample 5 showed a high concentration of siderite
similar to sample 1, though it did not contain goethite. In addition, sample 4 had the lowest
presence of siderite and goethite, while sample 2 did not contain siderite but did have a
slightly higher amount of goethite.

Figure 6. Total amount of americium desorption from the rock in the presence of metabolites
(right-hatch pattern, white and grey bars) and without additives (left-hatch pattern, white and grey
bars)—white bars for natural water (Eq) and by hydroxylamine (left-hatch pattern).

4. Conclusions

The comparison of various substrates for nitrate removal from groundwater and the
evaluation of the impact of these substrates on americium, plutonium, and neptunium
mobility, as well as the risks associated with colloidal phase formation, was conducted in
this study.

The highest efficiency in activation of microbial communities was shown by complex
substrates (milk whey) and monosubstrates (glucose, sugar, acetate). In laboratory experi-
ments, these substrates do not affect the degree of leaching of all radionuclides. Moreover,
the formation of large actinide-containing particles observed in the solution can lead to the
sedimentation of clay and iron-containing particles, as we have previously shown in [12].
This can reduce the risk of its colloidal and pseudocolloidal transfer.

Based on the results of laboratory experiments, it was found that:

1. The mobility of neptunium was more significant than americium and plutonium, and
the leaching by natural water was in a range from 28 to 39%.

2. For samples with high aluminum and sulfur content, a significant reduction in ameri-
cium leaching was observed after pre-treatment of microbial activation. In the pres-
ence of hydroxylamine (HA), this difference reached up to 40% of the total.

3. In the case of the plutonium in the samples with a high aluminum content, a minor
increase in leaching with pre-treatment was observed in the presence of HA. The
proportion of plutonium leached without pre-treatment in this case constituted 70%
to 80% of the total.

4. The occurrence of active microbial processes on rocks may be associated with the
reduction of iron and the conversion of highly crystalline ferruginous phases into less
crystalline ones with a higher sorption capacity with respect to actinides.

These results emphasize the importance of considering rock composition when devel-
oping strategies to modify the mobility of actinides using bioremediation techniques.
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The interactions between hydroxylamine and rocks, specifically with iron-containing
minerals as well as manganese oxides due to their solvation, reduces the effectiveness
of the immobilization of actinides. Moreover, the specific phase of the mineral, whether
crystalline or amorphous, during the interactions is important [2,11,20,39,40]. Additionally,
to effectively retain plutonium and americium, the capacity of aluminosilicates is expected
to be more important. Furthermore, it is worth mentioning that the impact of metabolites
on the retention of americium also depends on the rock type. In some rocks, the use of
metabolites leads to an increased retention of americium. Thus, it is shown that the method
of in situ groundwater bioremediation can be safely applicable in case of its complex
pollution with nitrogen compounds and actinides. Examples of such cases are aquifers near
the surface of liquid waste storages in radiochemical plants at a stage of their conservation
or in a stage of long-term protection in the post-conservation period. Moving forward, we
intend to assess actinide behavior under varying pH conditions, focusing on the impact of
alkaline and acidic risks during bioremediation. Additionally, we hope to study the role of
microbial iron mineral transformation in actinide immobilization. The goal of these studies
is to enhance our understanding of actinide interactions, which will lead to more effective
bioremediation strategies for contaminated sites.
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Abstract: Coal mining often produces severe environmental effects, including impacts on the soil sys-
tem and, specifically, on hydropedological conditions that control the leaching of significant ions and
Potentially Toxic Elements (PTEs). The research objective is to assess changes in the hydropedological
conditions in an area with a coal mining waste pile that underwent self-burning. An integrative
approach was implemented, starting with the definition of hydropedological zoning based on field
observations of soil formation factors (namely, parent material, relief, biological activity, anthropic
influence, and time). The soil profile in each hydropedological zone was characterized regarding
morphological features. The upper mineral horizons were sampled and characterized in terms of
mineralogy and PTE geochemistry. Field measurements of unsaturated hydraulic conductivity, soil
water content, and hydrophobicity were performed. Afterwards, the hydrogeochemistry of leachates
was determined, and the soil leaching potential was evaluated. The research outcomes express
substantial differences regarding the hydropedological zones: development of different soil profiles,
diverse mineralogy and PTE geochemistry, higher unsaturated hydraulic conductivity and leaching
of major ions, and PTEs in soils affected by coal mining activities. Finally, a Principal Component
Analysis confirmed the existence of significant contrasts according to hydropedological zoning.

Keywords: hydropedology; coal mining; soil leaching; soil and water pollution; coal waste self-
burning

1. Introduction

Mining activities, especially the operation and disposal of mining residues, usually
produce severe environmental and social impacts, including changes in land use originating
ecosystem disturbance, loss of biodiversity, as well as soil and groundwater and surface
water bodies degradation, e.g., [1,2]. In many countries, current mining activities follow
regulations that require and allow environmental protection [3]. However, past mining
activities created environmental impacts that persist nowadays. Indeed, the exploitation of
mineral resources may induce profound transformations in the local hydrological processes
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as well as interrupt the regular pedological evolution, with long-term impacts on habitats
and landscapes at both local and regional scales [4]. As a result, the hydrological and
pedological features of the soil system often change dramatically. For example, mining
frequently produces deforestation, which may disturb rainfall interception, overland flow,
infiltration, and percolation. In contrast, the disposal of mining wastes in waste piles
forms new soils—Technosols—frequently with different mineralogical and geochemical
characteristics. In these environmental conditions, mining areas may develop new hy-
dropedological characteristics, namely, the volume and velocity of water circulating in the
upper unsaturated zone and the leaching potential of significant ions and Potentially Toxic
Elements (PTEs). In this context, to understand how this type of environment functions, it
is very useful to adopt a hydropedological perspective, which is the basis of an integrative
scientific approach focusing on hydropedological zoning.

Coal mining activities have the potential to accumulate and release high concentrations
of PTEs into nearby soils and water, contributing to environmental degradation [5–8].
Residues from coal mining pose environmental hazards and can potentially lead to human
health issues [9,10], as several PTEs are frequent and abundant in coals [11]. Coal mining
presents some specific hazards when compared with the exploitation of metals [5,12–14].
Spontaneous combustion and self-burning of coal in seams, stockpiles, and mining waste
deposits is known worldwide as the cause of economic losses and environmental impacts,
principally related to the emission of gases to the atmosphere and the alteration of the
mode of occurrence of toxic compounds (including inorganic and organic compounds).
Additionally, water percolation and acid drainage in coaly materials may also promote
the leaching of compounds naturally occurring in coals, including PTEs and polycyclic
aromatic hydrocarbons.

Coal mining in the Douro Coalfield (NW Portugal) occurred from the end of the 18th
century until 1994. The thin and elongated shape of the coalfield explains the existence
of various underground mines which stand out among others for their dimension and
importance, the São Pedro da Cova and Pejão mines. The legacy of the coal mining in the
Douro Coalfield is materialized today by the existence of dozens of waste piles. Five of
them underwent self-burning after ignition caused by wildfires.

Previous studies investigated the waste piles in the Douro Coalfield [15–20] including:
(i) the characterization of waste materials and identification of potential environmental
impacts of coal waste piles; (ii) the identification of changes in mining waste caused by
self-burning and the products generated by the combustion process in waste piles, as well
as the associated potential impacts on the environment and human health; and (iii) the
integrated monitoring of the combustion process ongoing in the São Pedro da Cova waste
pile. Recently, the characterization of the residues deposited in the Fojo waste pile (in the
Pejão area) was assessed by [21].

This research is part of a multidisciplinary project encompassing other subjects, namely
ecotoxicology and environmental geochemistry (the latest is ongoing). The ecotoxicolog-
ical study assessed the effects of soil leachates in seed germination and individual and
subindividual parameters in Lactuca sativa [22], as well as the toxicity effects of soil leachates
in aquatic species (Allivibrio fischeri, Lemna minor, and Daphnia magna)—[23]. In the eco-
toxicological study, pedological zoning was defined, and the hydropedological zoning
established in the present work (see Sections 2 and 3) is a development and upgrade of this
preliminary zoning.

The research objective is to assess changes in the hydropedological conditions in an
area with a coal mining waste pile that underwent self-burning. The assessment was
based on an integrative approach encompassing hydrology, geology, pedology, mineralogy,
geochemistry, and hydrogeochemistry and started with the definition of the hydropedo-
logical zoning, considering field observations related to soil formation factors (namely,
parent material, relief, biological activity, anthropic influence, and time)—as described
by [24,25]—and their relation with local hydrological conditions and processes (specifically,
rainfall interception, infiltration, percolation, overland flow, and interflow). One of the
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hydropedological zones represents conditions prior to coal mining influence, while others
reflect anthropogenic influence, that is, the deposition of coal mining waste and, to a lesser
extent, intensive forestry.

The study began with the observation of local hydrological conditions and processes,
including rainfall interception, infiltration, percolation, overland flow, and interflow. Then,
the soil profile was described in each hydropedological zone regarding morphological
features, and the upper mineral horizons were sampled and characterized in terms of min-
eralogy and PTE geochemistry. Field measurements of unsaturated hydraulic conductivity
(K), soil water content, and hydrophobicity were performed. Afterwards, the hydrogeo-
chemistry of leachates was determined and the soil leaching potential was evaluated.

The research results revealed that coal mining waste disposal in the Fojo area originated
new soil types with hydropedological characteristics different from the pre-depositional
setting.

2. Materials and Methods

2.1. Study Area

The study site encompasses the Fojo coal mine waste pile, and the surrounding area
and is located in the Pejão mining area, Douro Coalfield, NW Portugal (Figure 1). In the
Pejão area, coal mining was carried out from 1920 until 1994 and originated a number of
waste piles [15]. The ignition and consequent self-burning of the Fojo waste pile was caused
by a wildfire in October 2017. Afterwards, between 2017 and 2019, an operation to control
and extinguish the coal waste self-burning was conducted, comprising the remobilization
of the coal waste and the application of water mixed with a cooling accelerator agent.

 

Figure 1. Fojo coal mine waste pile and the surrounding area and sampling sites (satellite image from
Google Earth).

Due to the self-burning process and the fire control and extinction operation, sig-
nificant changes occurred in the local pedological and hydrological conditions. These
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alterations led to the development of new environmental features, allowing the defini-
tion of a hydropedological zoning comprising the waste pile and its surrounding area
(Figure 1): Uphill Soil (US), Unburned Coal Waste Pile (UCW), Burned Coal Waste Pile
(BCW), Mixed Burned Coal Waste (MBW), Downhill Soil (DS). Further descriptions of these
hydropedological zones are provided in Section 3.1.

2.2. Field Methods

The hydropedological characterization of the Fojo coal mine waste pile and the sur-
rounding area was carried out from May 2021 (first field survey) until July 2023 (last
hydropedological field measurements). The hydropedological zoning of the study area
was defined in accordance with the soil mapping of [26] and the World Reference Base for
Soil Resources [27]. In each zone, the morphological description of the soil profile followed
the FAO’s guidelines [28], considering the following characteristics: (i) the formation of
soil horizons, in the case of normal pedogenesis as well in the case of the influence of mine
waste deposition and self-burning; (ii) the depth and thickness of the soil horizons; (iii) the
type of soil horizon boundaries; (iv) the type of aggregation—structure; (v) soil texture;
(vi) soil colour—described using the Munsell colour system; (vii) accumulation of humified
organic matter; (viii) soil porosity; and (ix) biological activity.

Twenty-nine sites were selected in the study area for soil sampling and field measure-
ment of unsaturated hydraulic conductivity (K), soil water content, and hydrophobicity
(Figure 1). In all soil types (as detailed in Section 3), the uppermost mineral horizon was
sampled to a depth of 20 cm. In the BCW zone, samples were taken from the cover layer
and the waste itself, in both cases, to a depth of 20 cm. Unsaturated hydraulic conductivity
(K) was assessed using a mini disk infiltrometer—e.g., [29–31]. All tests were performed
with a suction rate of −1 cm. The volumetric water content was measured with a capaci-
tance probe, specifically the ThetaProbe model ML3. Soil hydrophobicity was measured
using the Water Drop Penetration Time (WDPT), using the procedure outlined by [32]. The
hydropedological field measurements were carried out in March 2022 (wet season) and
in July 2023 (dry season) in the A horizon of the US and DS zones, as well as in the C
horizon of the UCW and the MBW zones and the C1 and C2 horizons of the BCW zone. An
additional sample (BW10) from the deepest part of the burned waste pile was also collected
close to the NE limit of the BCW hydropedological zone to provide a preliminary insight
into the conditions prevailing in this environment.

Water from interflow in the self-burning waste pile, which may occur after periods of
heavy rainfall, was sampled in March 2022.

2.3. Laboratory Methods

The soil geochemistry concerning PTEs was determined at the Bureau Veritas Mineral
Laboratories (Vancouver, BC, Canada) via inductively coupled plasma mass spectrometry
(ICP-MS) after ignition at 550 ◦C and acid digestion using an acid solution of (2:2:1:1)
H2O-HF-HClO4-HNO3.

The soil mineralogy was characterized by X-ray diffraction (XRD). First, samples were
dried at about 50 ◦C and then disaggregated. The sedimentation method was applied to
separate the fractions with particle size under 2 μm. For the fractions under 63 μm and
2 μm, the mineralogical analysis was carried out with a Panalytical X’Pert-Pro MPD, Kα Cu
(λ = 1.5405 Å) radiation on random-oriented powders (total sample) and oriented aggre-
gates (<2 μm). The mineralogical composition was assessed using (hkl) peaks (on random
powder mounts) for non-clay minerals and (00l) peaks (on oriented aggregates) for clay
minerals; the mineral phases were identified through the criteria recommended by [33,34]
and the Joint Committee for Powder Diffraction Standards. The semi-quantification of the
mineralogical determinations was performed using the procedures described by [35,36].

The leaching of major ions, PTEs, and Fe in soils was assessed using the USGS Field
Leach Test—USGS FLT, [37]. This leaching method is simple to apply and time-effective,
allowing the simulation, prediction, and characterization of the water–soil geochemical
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interaction during the percolation of rainwater in the upper soil profile. The pH, electri-
cal conductivity (EC), and alkalinity were measured in unfiltered leachate subsamples.
Leachates were then filtered using 0.45 μm pore-size nitrocellulose membrane filters and
a glass vacuum filtration apparatus. Filtrates were collected and preserved for analysis,
which was performed according to procedures outlined in [38,39].

The values of pH and EC were determined using a Crison MultiMeter MM 41. Total
alkalinity and bicarbonate (HCO3

−) were analysed by titration. Total organic carbon (TOC)
was analysed using a Shimadzu TOC-V (TOC-ASI-V, Shimadzu Corporation, Kyoto, Japan);
Potentially Toxic Elements (Cr, Mn, Ni, Cu, Zn, As, Al, Cd, and Pb), and Fe, were analysed
in a Varian AA240 Atomic Absorption Spectrometer (Varian Inc., Palo Alto, CA, USA)
and a Continuous Segmented Flow Instrument (CSF) (San-Plus Skalar, Skalar Analytical,
Breda, The Netherlands), respectively. The major inorganic ions (Na+, K+, Mg2+, Ca2+,
Cl−, NO3

−, and SO4
2−) were analysed by ion chromatography, CI (DionexTM system

DX-120/ICS-1000, Dionex Corporation, Sunnyvale, CA, USA).
As for water from interflow in the self-burning waste pile, the same parameters and

components were analysed as in the case of soil leachates.

2.4. Statistical Analysis

A Principal Component Analysis (PCA) was performed to relate soil types in each
hydropedological zone with the composition of soil leachates. Before conducting the
multivariate analysis, the data underwent standardization to address the high variability
in parameter values. Additionally, redundant variables were eliminated to streamline the
analysis. A Principal Component Analysis (PCA) was then carried out using the software
CANOCO for Windows version 4.5®.

3. Results and Discussion

The research outcomes reveal significant contrasts in the studied hydropedological
features, as described in the following subsections. Indeed, the results highlighted apparent
differences among the hydropedological zones defined in the study area, which are mainly
driven by soil-forming factors: the type of parent material (in situ metasedimentary rock,
unburned coal mining waste, burned coal mining waste, as well as a mixture of all these
types of materials), topography both of the coal mining waste pile and the surrounding area,
biological influence (type of vegetation cover), time, and anthropogenic influence (including
the spatial distribution of coal mine waste accumulation and the self-burning process).

The observed hydropedological contrasts encompass the morphological characteristics
of the soil profile, soil mineralogy and geochemistry, unsaturated hydraulic conductivity,
soil water content, soil hydrophobicity, and hydrogeochemistry of soil leachates. These
features are crucial for understanding the water–soil interaction and, consequently, com-
prehending the susceptibility of the coal waste pile and the surrounding soils to leaching.

Soil leaching also depends on other hydrological factors that influence the water
available for infiltration and percolation, such as the volume of precipitation, interception,
and evapotranspiration. Factors related to water movement in the porous media, namely K
and hydrophobicity, are also relevant.

3.1. Hydropedological Zoning and Soil Morphology

In the study area, soils were classified as Regosols and Technosols, according to the
criteria of the World Reference Base for Soil Resources [27]. Before the self-burning period
(2017–2019), pedogenesis was driven by the regular functioning of the soil formation factors.
However, self-burning disrupted this process in part of the waste pile, forming a distinct
Technosol. Based on the environmental features after the self-burning process, hydropedo-
logical zoning was established, comprising the waste pile and its surroundings, in which
every hydropedological zone corresponds to a specific environment (Figures 1 and 2):

105



Hydrology 2024, 11, 62

 

Figure 2. Aspects of the Fojo coal mining waste pile and the surrounding area: (a) vegetation cover
in the Uphill Soil; (b) soil profile in the Uphill Soil; (c) Unburned Coal Waste; (d) Mixed Burned Coal
Waste; (e) sampling point of the Burned Waste layer (BW), and Cover Layer (CL); (f) Burned Waste
layer; (g) Downhill Soil; (h) application of the mini disk infiltrometer in the Unburned Coal Waste.

(i) Uphill Soil (US): with a soil type representing the geological and hydropedological
conditions before the deposition of the coal mining waste. This zone is situated in the
highest part of the study area and is free from the influence of coal mining waste. The
parent material consists of carboniferous metasedimentary rocks. The vegetation cover
consists mainly of Eucalyptus globulus, Acacia melanoxylon, Acacia dealbata, and Pinus pinaster.
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The soil profile is O-Ah-C-R. The analytical results and field measurements refer to the
Ah horizon.

(ii) Unburned Coal Waste Pile (UCW): with a soil type composed of ordinary coal
mining waste, in which self-burning did not take place. The vegetation cover is recent
and consists mainly of Acacia dealbata and Eucalyptus globulus. The prevailing soil profile
is O-A-C. The accumulation of humified organic matter in A horizon is very incipient
and does not occur in part of the hydropedological zone. The analytical results and field
measurements refer to the C horizon.

(iii) Burned Coal Waste Pile (BCW): with a soil type composed of coal mining waste
influenced by self-burning (BW), covered by a 30–40 cm protective layer consisting of
mixed material from the C horizon and especially the R horizon of nearby soils with
several metasedimentary parent materials. The protective layer is referred to as the Cover
Layer (CL). Vegetation is almost absent. The soil profile is C1–C2, with the C1 horizon
corresponding to the CL protective layer and the C2 horizon to the BW layer. The analytical
results and field measurements refer to both horizon C1 and horizon C2.

(iv) Mixed Burned Coal Waste (MBW): with a soil type consisting of a mixture of US,
UCW, and BW material. The vegetation cover consists of Eucalyptus globulus planted in
2020. The soil profile is C-R. The R horizon consists of carboniferous metasedimentary
rocks. The analytical results and field measurements refer to the C horizon.

(v) Downhill Soil (DS): with a soil type where the prevailing geological and pedological
conditions are the ones before the deposition of the coal mining waste. However, since this
zone is situated in the lowest part of the study, this soil type is influenced by the waste
located uphill, namely, through the input of coal waste debris and water from overland
flow and interflow. The vegetation cover consists mainly of Eucalyptus globulus. The soil
profile is O-Ap-C-R. The analytical results and field measurements refer to the Ap horizon.

Regosols correspond to soils located uphill and downhill from the Fojo coal mining
waste pile. In contrast, Technosols correspond to soils with all or part of the parent
material composed of coal mining waste (Figures 1 and 2). According to the available soil
mapping [26] and the criteria of the World Reference Base for Soil Resources [27], soil types
from US and DS hydropedological zones have Regosol features, while soil types from UCW,
BCW, and MBW hydropedological zones have Technosol features. Tables S1–S5 present
selected morphological features of each soil type in the study area according to the FAO
guidelines for soil description [28].

3.2. Hydropedological Field Measurements

Field tests were conducted at each soil sampling point (Figures 1 and 2). Unsaturated
hydraulic conductivity (K) measurements were carried out using a mini disk infiltrometer
(applying a suction rate of −1 cm), while the volumetric water content was measured using
a capacitance probe, and the WDPT was applied to evaluate hydrophobicity. The results
concerning K, volumetric water content, and hydrophobicity are presented in Table 1.

The mini disk infiltrometer test results indicate that, in all soils, the magnitude of K re-
mains consistent between the wet season and the dry season, suggesting that the volumetric
water content is not a key factor controlling this hydropedological feature. As for hydropho-
bicity, all soils are wettable throughout the year except for the soil from the US zone, which
is severely water-repellent. In the Ah horizon (US zone), measured K is 0.00 cm/s in the
wet and dry seasons, while most of the remaining K mean values are around 10−4 cm/s.
In the UCW zone (C horizon), K values range from 1.39 × 10−4 cm/s to 1.79 × 10−3 cm/s.
In the BCW zone, K values range from 3.05 × 10−5 cm/s to 1.90 × 10−3 cm/s in the C1
horizon (CL material) and from 1.76 × 10−4 cm/s to 5.50 × 10−3 cm/s in the C2 horizon
(BW material). In the MBW zone (C horizon), K values range from 2.42 × 10−4 cm/s to
1.83 × 10−3 cm/s. In the DS zone (Ap horizon), K values range from 3.74 × 10−5 cm/s to
5.94 × 10−4 cm/s. Finally, the BW10 sample, composed of material from the deepest part
of the burned waste pile, presents K in the same order of magnitude as the lowest values
measured in the C2 horizon of the BCW zone (that is, 10−4 cm/s).
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Table 1. Unsaturated hydraulic conductivity, volumetric water content, and hydrophobicity measured
in soils from the Fojo coal mine waste pile and the surrounding area.

Hydropedological
Zone/Soil Sample

Soil Horizon/
Number of

Measurements

March 2022 July 2023
Hydrophobicity

K (cm/s) VWC (%) K (cm/s) VWC (%)

US Ah (n = 5) 0.00 8.5 0.00 6.5 Severely
water-repellent

UCW C (n = 5) 8.59 × 10−4 15.6 7.47 × 10−4 12.1 Wettable

MBW C (n = 6) 8.12 × 10−4 24.4 6.97 × 10−4 10.3 Wettable

BCW
C1 (n = 9) 7.45 × 10−4 19.2 5.90 × 10−4 8.8 Wettable

C2 (n = 9) 1.10 × 10−3 34.2 1.10 × 10−3 14.4 Wettable

DS Ap (n = 3) 1.65 × 10−4 25.3 6.78 × 10−4 7.2 Wettable

BW10 C2 (n = 1) 9.19 × 10−4 15.3 7.83 × 10−4 5.4 Wettable

Mean values of unsaturated hydraulic conductivity (K) and volumetric water content (VWC); mini disk suction
rate: −1 cm; hydrophobicity classification according to [32].

3.3. Soil Mineralogy

The analytical results highlight distinct mineralogical signatures within each hydrope-
dological zone in the fine-earth and clay fractions.

The overall mineralogical composition of the fine-earth fraction (Table 2) is silicate,
with an absolute predominance of Quartz, followed by phyllosilicates (essentially Mus-
covite and Kaolinite) and feldspars (potassic and calc-sodic). Iron oxides (Hematite and,
in some samples, Goethite) and Titanium oxides (Anatase) are present in almost all the
samples, as well as sulphates, namely, Jarosite and Alunite. As for carbonates, only Siderite
was detected, which is relatively frequent but in small quantities.

The fine-earth fraction also reveals some mineralogical differences among hydropedo-
logical zones. The US soil is characterized by its almost monomineralic composition, given
the predominance of Quartz (85.8%). The UCW soil is differentiated by some accessory
minerals, namely, the higher values of Chlorite, Siderite, and Pyrite. The MBW soil shows
an indistinct composition which reflects the mixture of US, UCW, and BCW material. In
the case of the CL layer (C1 horizon of the BCW soil), Quartz is much less abundant than
in the US soil (58%), offset by greater quantities of Muscovite, Kaolinite, and Chlorite; as
accessory minerals, Goethite (instead of Hematite) and Siderite stand out. In addition to
containing less quartz (55.8%), the BW layer (C2 horizon of the BCW soil) is noticeably
enriched in Hematite, Jarosite, and Alunite. The presence of Siderite and Pyrite in the UW
soil is related to the reducing environment in the coal mine rock massif, while the presence
of Jarosite and Alunite in the BW layer reflects the oxidizing environment in the waste pile
affected by self-burning. The DS soil, despite having a similar amount of Quartz to the US
soil (82,5%), is characterized by some accessory minerals, namely because it is the only one
in which the ubiquitous presence, although always discreet, of Opal C/CT, Zeolites, and
Pyrophyllite has been identified. The fine-earth mineralogical composition of the BW10
sample is quite similar to that of the BW material.

Regarding the overall mineralogical composition of the clay fraction (Table 3), Illite is
dominant in all soils, followed by Kaolinite. Smectite and Chlorite are also common, while
Pyrophyllite is somewhat less abundant.

The clay fraction results also show distinctive aspects. The US soil is characterized
by the very significant presence of Smectite at the expense of a relative decrease in Illite.
The UCW soil shows a relative enrichment in Chlorite and Pyrophyllite. In addition to
Illite and Kaolinite, the MBW soil is also characterized by the presence of Smectite. In
the BCW soil, the CL layer is essentially distinguished by some of the accessory miner-
als, namely the ubiquitous presence of Smectite, Chlorite, and Pyrophyllite. An almost
monomineralic composition characterizes the BW layer, such is the predominance of Illite.
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However, the BW10 sample has more diversified clay mineralogy, including Smectite, Chlo-
rite, and Pyrophyllite, like the DS soil, which is enriched in these minerals and depleted
in Illite.

Table 2. Mean mineralogical composition (%) of the fine-earth fraction of soils from the Fojo coal
mine waste pile and its surrounding area.

Minerals

Hydropedological Zones

BW10
(n = 1)US

(n = 2)
UW

(n = 2)
MBW
(n = 2)

BCW
DS

(n = 2)CL
(n = 5)

BW
(n = 5)

Quartz 85.8 52.8 69.0 58.0 55.5 82.5 55.0

K Feldspar 1.3 3.3 1.3 5.5 5.2 3.5 5.5

Plagioclase 4.3 7.3 5.0 5.6 5.8 3.0 4.5

Opal C/CT 0.0 0.0 0.0 0.0 0.0 traces 0.0

Zeolites 0.0 0.0 0.0 0.0 0.0 traces 0.0

Muscovite 4.5 13.0 9.5 12.9 12.4 4.3 13.5

Kaolinite 2.0 3.5 2.5 4.1 2.5 1.0 1.5

Chlorite 0.0 2.8 0.0 1.0 0.0 0.0 0.0

Pyrophyllite 0.0 0.0 0.0 0.0 0.0 traces 0.0

Hematite 0.0 1.5 3.8 0.9 6.5 0.0 8.0

Goethite 0.0 1.0 1.0 1.4 0.0 0.0 0.0

Anatase 2.3 4.5 2.5 3.7 3.6 2.0 3.5

Siderite 0.0 2.5 1.3 1.5 0.8 0.8 0.5

Pyrite 0.0 4.0 0.0 0.0 0.0 0.0 0.0

Jarosite 0.0 2.5 2.8 2.8 4.8 2.3 5.0

Alunite 0.0 2.0 1.5 2.8 3.3 1.0 3.5

Gypsum/Anhydrite 0.0 0.0 0.0 0.6 0.0 0.0 0.0

Table 3. Mean mineralogical composition (%) of the clay fraction of soils from the Fojo coal mine
waste pile and its surrounding area.

Minerals

Hydropedological Zones

BW10
(n = 1)US

(n = 2)
UW

(n = 2)
MBW
(n = 2)

BCW
DS

(n = 2)CL
(n = 5)

BW
(n = 5)

Smectite 27.5 0.0 2.8 7.8 0.0 10.0 9.0

Chlorite 0.0 7.0 0.0 5.4 0.0 8.5 6.0

Illite 53.5 72.0 83.5 65.0 88.0 55.0 65.0

Pyrophyllite 0.0 5.0 0.0 1.8 0.0 15.5 10.0

Kaolinite 19.0 16.0 14.0 20.0 12.0 11.0 10.0

3.4. Hydrogeochemistry of Soil Leachates and Interflow

The results of the soil leaching tests showed that the water–soil interaction concerning
major ions, Fe, and PTEs differs considerably according to the hydropedological zone.
Similar contrasts were also observed in the pH and EC of leachates. In March 2022,
after a rainy period, interflow was observed at the base of the waste pile, and a water
sample was collected to carry out a hydrogeochemical characterisation similar to that of
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the leachates. Mean values of pH, EC, TOC, and major ions in leachates are presented in
Table 4, whereas Fe and PTE mean contents are presented in Table 5 (which also includes
soil geochemistry of PTEs for comparison purposes). The hydrogeochemical features are
illustrated in Figures 3 and 4.

Table 4. Major ion content, pH, EC, and TOC of soil leachates and interflow from the Fojo coal mine
waste pile and its surrounding area.

Hydropedological
Zone/Soil

Sample/Interflow
pH EC TOC HCO3

− Cl− SO4
2− Na+ K+ Ca2+ Mg2+

Σ

Major
Ions

US (n = 5) 5.7 11 6.15 2.95 1.14 0.78 1.76 0.52 0.62 0.17 7.94

UW (n = 5) 4.7 67 3.33 1.05 0.58 20.27 0.42 0.88 4.05 1.67 28.92

MBW (n = 6) 4.1 65 0.90 0.05 0.35 19.49 0.89 0.77 5.02 1.26 27.83

BCW

CL
(n = 9) 5.0 23 1.04 1.64 0.60 7.11 0.75 0.60 1.30 0.88 12.85

BW
(n = 9) 4.2 61 0.67 <0.05 0.34 19.25 0.73 0.70 2.90 1.42 25.35

DS (n = 3) 4.7 49 1.72 0.71 0.60 17.61 1.23 0.96 2.00 2.26 25.37

BW10 (n = 1) 4.7 28 0.62 <0.05 0.37 8.98 0.57 1.16 1.81 0.61 13.50

Interflow (n = 1) 3.7 2690 12.20 <0.05 10.20 2635.00 83.00 11.00 301.50 206.50 3247.20

Mean values; EC (electrical conductivity) in μS/cm; major ion and Total Organic Carbon (TOC) content in mg/L.
Detection limits of analytical methods (LD) for leachates: 0.05 mg/L for HCO3

−; 0.03 mg/L for Cl−, SO4
2−, Na+,

K+, Ca2+, Mg2+.

Table 5. Potentially Toxic Elements and Fe content of soil leachates, soil, and interflow from the Fojo
coal mine waste pile and its surrounding area.

Hydropedological Zone/Soil
Sample/

Interflow
Fe Al Mn As Cd Ni Cu Cr Zn Pb

US
(n = 5)

Leachate 77.78 64.36 1.00 1.17 n.d. 0.91 1.70 0.38 n.d. 0.20

Soil 1.97 5.71 18.20 17.16 0.01 9.52 10.16 49.60 14.32 22,61

UW
(n = 5)

Leachate 66.51 97.19 170.45 0.48 0.04 7.58 2.52 n.d. 35.60 1.05

Soil 4.55 8.37 230.00 53.62 0.17 29.44 51.52 87.40 74.44 68,37

MBW
(n = 6)

Leachate 21.81 441.88 62.42 0.23 0.15 9.72 9.42 0.36 8.00 2.76

Soil 5.46 8.53 135.50 52.98 0.12 20.82 49.20 89.33 66.65 47,76

BCW

CL
(n = 9)

Leachate 77.55 43.02 59.88 0.21 0.03 5.59 1.83 0.06 0.22 1.03

Soil 5.59 12.53 83.78 39.04 0.07 33.37 58.17 100.89 37.68 46.16

BW
(n = 9)

Leachate 32.23 276.57 84.18 0.32 n.d. 8.92 2.43 n.d. 39.78 n.d.

Soil 5.94 9.37 134.67 58.94 0.15 22.13 51.79 90.22 68.86 52.55

DS
(n = 3)

Leachate 24.27 154.93 385.57 0.57 0.07 9.20 4.70 n.d. 7.33 n.d.

Soil 3.01 9.12 334.33 35.90 0.02 22.57 24.97 82.67 42.10 31,75

BW10
(n = 1)

Leachate 77.28 29.63 78.70 <LD n.d. 3.83 n.d. n.d. 126.00 n.d.

Soil 6.44 9.33 196.00 79.60 0.12 20.80 41.3 102.00 64.2 62.58

Interflow (n = 1) 2948.00 1002.00 14,600.00 2.70 12.00 137.20 110.00 6.45 n.a. n.d.

Mean values; concentrations in leachates and interflow in μg/L; concentrations in soil in mg/kg; n.a.—not
analysed; n.d.—not detected. Detection limits of analytical methods (LD) for leachates: 1 μg/L for Cd, As, Pb, Ni,
Cu, Zn, and Cr; 15 μg/L for Fe and Al.
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Figure 3. Piper diagram of soil leachates and interflow from the Fojo coal mine waste pile and the
surrounding area.

The pH values are higher in samples without coal mining influence, specifically, 5.7
in US and 5.0 in CL. In the case of the samples with coal mining influence, pH values are
more acidic, especially in materials with self-burning: 4.2 in BW and 4.1 in MBW. Soil
electrical conductivity also reflects the coal mining influence since the lower values were
measured in the US and CL samples (11 μS/cm and 22 μS/cm, respectively). In com-
parison, the higher values were measured in UCW, BW, and MBW (67 μS/cm, 58 μS/cm,
and 65 μS/cm, respectively). In the DS samples, intermediate pH and EC values were
measured. The TOC in leachates is higher in soils with humified organic matter, partic-
ularly in the US soil, but also in the BCW soil, the BW layer of the BCW soil, and the
DS soil.

Regarding major ion content, US and CL leachates show much lower mineralisation
than the UCW, BW, MBW, and DS leachates, which is consistent with the EC results. The
hydrogeochemical facies of leachates are Na-HCO3 and Mg-SO4 for US and CL, respectively,
Ca-SO4 in the case of UCW, BW, and MBW, and Mg-Ca-SO4 in the case of DS. The BW10
leachate features are analogous to BW, except for the lower SO4 content.

The results also revealed distinct distribution patterns of PTEs (Al, Mn, As, Cd, Ni, Cu,
Cr, Zn, Pb) and Fe according to the hydropedological zone. The concentration of PTEs and
Fe in leachates is represented in Figure 4, showing higher values in soil samples influenced
by coal mining (UCW, MBW, and BW) when compared with US and CL. Indeed, the UW
and BW leachates have similar total concentrations of PTEs and Fe, with more significant
differences observed in Al, Fe, Mn, and Zn. Compared to the BCW material, the BW10
sample contains more Fe (consistent with pyrite weathering in an environment with more
intense self-burning) and Zn. However, this sample is relatively depleted in Al and, to a
lesser extent, in Mn, Ni, and Cu.

The comparison of soil leachate hydrogeochemistry with soil geochemistry in Table 5
also highlights a different leaching potential in PTEs and Fe. In the case of Mn and Zn,
higher hydrogeochemical concentrations correspond to higher geochemical concentrations,
while in the case of Fe, Al, As, Cd, Ni, Cu, Cr, and Pb, this relation is not apparent.
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Figure 4. Mean contents of major ions, Potentially Toxic Elements, and Fe of soil leachates from the
Fojo coal mine waste pile and the surrounding area.

The hydrogeochemistry of soil leachates reveals that the water–soil interaction in the
upper unsaturated zone is more intense in the soils affected by coal mining, resulting in
higher concentrations of readily soluble major ions and PTEs. Also, the DS soils show signs
of coal mining influence (namely, the relatively high concentration of SO4, Ca, Mg, Al,
Mn, Ni, Cu, and Zn). This influence results from overland flow and interflow in the coal
mine waste pile, which has probably been going on for decades since the waste was first
deposited but has intensified since the self-burning event. Overland flow in the BCW and
MBW hydropedological zones (Figure 1) was observed during heavy precipitation events.
This process promoted the transport of solid particles and dissolved chemical compounds
into the DS zone. Moreover, water from interflow emerging at the base of the waste pile,
with a high concentration of major ions, PTEs, and Fe (see Tables 4 and 5), also reaches the
DS material, contributing to the change in its geochemical and hydrogeochemical signature.

The hydrogeochemistry of interflow results from a longer and deeper flow path,
in which the fluid becomes progressively more acidic due to the weathering of pyrite,
promoting the interaction with the mine waste, resulting in a much more intense leaching
of major ions, PTEs, and Fe. The pH and EC values are 3.7 and 2690 μS/cm, respectively.
The mineralisation is two orders of magnitude higher than in the soil leachates, and the
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hydrogeochemical facies is Ca-SO4. Likewise, the concentrations of Fe and several PTEs in
interflow are more than one order of magnitude higher than in soil leachates, namely, in
the case of Al, Mn, As, Cd, Ni, Cu, and Cr.

3.5. Hydropedological Setting and Soil Leaching

Field observations and measurements, along with mineralogy, geochemistry, and
hydrogeochemistry results, pointed out that coal mining produced severe changes in the
hydropedological conditions of the study area. The US hydropedological zone represents
the conditions prior to the mining waste disposal, characterized by the least favourable
setting for soil leaching. In this case, the rainfall interception caused by the abundant
vegetation cover, which has existed in this location for decades, if not centuries, decreases
the volume of water that reaches the ground surface and may originate infiltration. Ad-
ditionally, the infiltration capacity of the Ah horizon is also reduced by its hydrophobic
nature (originated by soil organic matter, e.g., [32]), which seems to persist during most of
the year (see Table 1), increasing overland flow e.g., [40,41]. Under these conditions, the
unsaturated hydraulic conductivity in the Ah horizon is very low or even negligible, and
the water infiltration and percolation in the upper soil horizons primarily take place during
the wettest events of the year, originating hydropedological conditions less favourable to
leaching. Water percolation is also limited at greater depth, particularly from the R horizon
downwards, due to the relatively low permeability of the fractured metasedimentary rock.
Another relevant feature of the US zone is that the pedological evolution and the soil
leaching have been going on for centuries or even longer. Consequently, the topsoil has
become geochemically depleted in leachable compounds and enriched in minerals resistant
to leaching, thus explaining the lower concentration of major ions, PTEs, and Fe in the
soil leachates.

Moreover, the conditions in the hydropedological zones affected by coal mining, as
well as in the DS zone, are more favourable to water infiltration/percolation in the upper
horizons and may induce solute transport into the deepest part of the unsaturated zone
and the unconfined aquifer. In the UCW and MBW hydropedological zones, the vegetation
cover is recent and less dense than in the US zone, and the A horizon is incipient and
very shallow (in part of the UCW zone) or absent (in the remaining UCW zone and all of
the MBW zone). In these circumstances, not only is the interception much less effective
than in the US zone, but the soil is much less hydrophobic as a result of the scarcity
or lack of humified organic matter, allowing for higher infiltration and percolation in a
more permeable porous medium, especially during the wet season, when most of the
precipitation occurs, and evapotranspiration is lower. This situation is even more extreme
in the BCW zone, where the vegetation is almost absent, the soil is hydrophilic, and K is one
order of magnitude higher in the C2 horizon (see Table 1). In addition, the more permeable
porous medium in the burned coal waste only gives way to the fractured medium at a
greater depth than in the remaining hydropedological zones, originating a longer flow path
with more favourable conditions for leaching.

Also, the mineralogical composition of the UCW and MBW soils reflects the incipient
pedogenetic evolution and is more diversified and abundant in leachable compounds. In the
case of the BW layer of the BCW soil, the self-burning process induced important mineralogical
transformations, including oxidising processes leading to the destruction of Pyrite and Siderite
followed by the formation of Hematite, Jarosite, and Alunite. As a result of the weathering of
Pyrite, the water percolating through the BW material becomes progressively acidic and more
able to promote leaching, resulting in highly mineralized interflow water.

The DS soil, which, before the coal mine waste deposition, was similar to the US, has
been under the influence of the coal mine waste pile for decades. This influence includes the
transport of solid particles (with size from clay to gravel), especially during overland flow
in the BCW and MBW hydropedological zones, as well as dissolved chemical components
from interflow through the deepest part of the burned waste pile in an acidic environment.
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The hydrogeochemical signature of this influence includes higher contents of SO4
2−, Ca2+,

Mg2+, Al, Mn, Ni, Cu, and Zn than the US soil.
As confirmed by PCA statistical analysis, the chemical composition of soil leachates

reflects the hydropedological zoning. The PCA graph (Figure 5) clearly differentiates soil
samples from the studied hydropedological zones. The US samples are clustered regarding the
pH of soil and leachates, TOC, HCO3, Cl, Na, Fe, and As. Soils with self-burning influence (BW
layer and MBW) are clustered in terms of SO4, Mg, Ca, Ni, Mn, Al, Cu, Zn, and Pb. On the other
hand, the UCW samples appear dispersed (possibly because the coal waste pile is composed of
somewhat heterogeneous material with different petrological features and weathering), while
the CL samples are clustered close to the central part of the graphic. Nevertheless, self-burning,
together with the waste mobilization during the fire control operation, seems to cause a process
of homogenization with regard to leaching in the BW layer. A similar effect is observed in
the MBW due to soil mobilization for planting eucalyptus. Finally, the DS samples define a
boundary between the US and the burned material (BW and MBW).

 
Figure 5. PCA analysis of chemical parameters in soil leachates from the Fojo waste pile and the
surrounding area; Uphill Soil (US) cluster in green; Burned Waste layer (BW) and Mixed Burned
waste (MBW) cluster in red; Cover Layer (CL) cluster in blue; the dashed line marks the boundary
defined by the Downhill Soil (DS) samples; pHL-leachates pH; pHS-soil pH.

4. Concluding Remarks

The environmental impact of coal mining on soils and water bodies is a well-established
fact. In coal mining areas, landscapes and ecosystems often undergo dramatic transfor-
mations, accompanied by changes in hydrological and pedological features and processes.
The local water cycle is disturbed concerning rainfall interception, overland flow, infil-
tration, and percolation. Additionally, the local soil system is altered by waste disposal
in piles, which are often large in volume and area, originating new soil types classified
as Technosols.

A hydropedological perspective (in the form of the definition of hydropedological
zoning) is valuable for understanding the water–soil interaction in this environment. It also
provides a basis for an integrative scientific approach for assessing changes in processes
and features in the upper unsaturated zone.
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The research results showed clear contrasts between the hydropedological zones in
all aspects studied, from soil morphology to soil leaching. Indeed, the hydropedological
conditions favour rainfall infiltration, percolation, and leaching of major ions and PTEs
in the upper soil horizons of hydropedological zones with mining influence compared to
the US zone, which represents the pre-waste deposition setting. In addition, the leaching
potential in the US zone is expected to be lower because of the soil mineralogy and the
percolation into the deepest part of the soil profile (C horizon and, especially, R horizon),
which takes place in a fractured medium corresponding to a material of lower permeability
and lower specific surface than in the case of UCW, BCW, and MBW zones. Also, based on
the morphological characteristics of the soil profile, hydropedological field measurements,
and the structure of the unsaturated zone, it is to be expected that the transport of pollutants
to greater depths and eventually to the unconfined aquifer will be more effective in the
UCW, MBW, and BCW hydropedological zones.

The leachates from soils with mining influence are more acidic, especially those with
self-burning, and have higher major ion content (with Ca-SO4 hydrogeochemical facies)
and higher PTE content. The influence of self-burning makes it possible to distinguish the
soil in the UCW zone from the BW layer of the BCW zone. The BW layer is characterized
by a higher K value, a somewhat different mineralogical composition (both in the fine
soil fraction and the clay fraction), leachates with a slightly more acidic pH, and different
concentrations of some PTEs.

Although, before the waste deposition, the DS soil was similar to the US soil, it
presently reveals an apparent mining influence, as evidenced by leachates with a composi-
tion closer to that of mining-influenced soils.

In summary, the hydropedological setting in the mining-influenced hydropedological
zones corresponds to soils more susceptible to major ion and PTE leaching and with a
greater ability to disperse pollutants in the environment, namely in groundwater.

The study of the Fojo mine waste pile illustrates the interest in applying hydropedolog-
ical concepts, methods, and techniques to assess the environmental impacts of coal mining.
Such an approach can be of great value in decision-making related to the environmental
management of coal mining areas and can be applied to the exploitation of many other
geological resources.
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Abstract: Groundwater contamination in the Mediterranean Basin is a severe problem that has a
significant impact on environmental ecosystems and human health. The unconventional uranium
and the potentially toxic elements (PTEs) of phosphate rocks are the principal contaminants in
the phosphate mining industry in Tunisia. Phosphogypsum (PG) results from the valorization of
phosphate to fertilizers and phosphoric acid. PG stocks can be used in cement production, brick
manufacturing, and soil amendments in desertic land, and can be resolved by using nanomaterial
adsorbents. In the flat area of the study area, the increase in radioactivity (40K) is due to abusive fertil-
izer use. Geochemical and radiological analyses in the northern part of Tunisia and its karst shallow
aquifer indicate significant contamination levels. The northern part exhibits moderate contamination,
whereas the karst shallow aquifer shows higher contamination levels, particularly with elevated
nitrate concentrations. In the phosphate basin, both washing phosphate and phosphogypsum reveal
high levels of radioactive elements, with the latter showing especially high concentrations of radium.
The shallow aquifer in this region has moderate contamination levels, while the deep geothermal
aquifer also shows noticeable contamination but to a lesser degree compared to the shallow aquifer.
The shallow groundwater is characterized by a higher value of radioactivity than the groundwater
due to the contamination impact from the phosphate industry and the cumulative radioactivity
disintegration. Finally, the nanoparticles and the electrostatic adsorption can decrease the PTEs
and radionuclides from the contaminated water in the study area. Moreover, other key issues for
advancing research on groundwater contamination are proposed in this study. It is time to valorize
this PG and the other mines of (Fe, Pb, and Zn) in the socioeconomic sector in Tunisia and to minimize
the environmental impact of the industrial sector’s extraction on groundwater and human health in
the study area.

Keywords: groundwater contamination; phosphate mining; uranium; potential toxic elements;
phosphogypsum contamination

1. Introduction

One-third of the global population depends on groundwater for drinking water [1–3].
In Tunisia, groundwater is a major source of fresh water for around 12 million people for
domestic, agricultural, industrial, and tourism uses. However, urbanization, agricultural
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practices, industries, touristic activities, and climate change all pose significant threats to
groundwater quantity and quality. Radionuclides, potentially toxic elements, organic and
inorganic contaminants, pesticides, fertilizers, nanoparticles, hydrocarbon, microplastic,
and other emerging contaminants, are threats to human health, environmental services,
and sustainable socioeconomic development [4–12].

The geoscientific literature has discussed the potential health impacts of ionizing radi-
ation emitted by radionuclides, which are components of naturally occurring radioactive
materials. These radionuclides are often found in petroleum and gas products, as well as
their by-products, including crude oil, scale, sludge, polluted water, and sand [13]. They are
also prevalent in phosphate mining areas and processing facilities [14]. Naturally occurring
radioactive materials radionuclides in phosphate mining areas can lead to both external and
internal exposure to gamma radiation, as well as β and α particles emitted from 238U, 232Th,
and their decay products, alongside 40K. Most radionuclides found in phosphate rocks are
part of the 238U and 232Th natural decay series, in addition to K-40. This exposure poses a
significant risk to human health, necessitating rigorous monitoring and management of
these radioactive materials.

It is estimated that 20% of global aquifers are overexploited, leading to subsidence,
saltwater intrusion, and increased treatment costs [15]. In addition, nitrate, phosphate,
sulfate, fertilizers, pesticides, heavy metals, and radionuclides in air, soil, and bedrock enter
groundwater by surface runoff, erosion, desorption, and dissolution. Radionuclides and
PTEs from phosphate rocks and phosphate/stock from other mines are transported by
wind and seep into groundwater [16].

However, widespread pollution and increasing dependence on groundwater have
resulted in a decline in quality and quantity. Groundwater reserves in the majority of the
world’s basins are depleting at a rapid rate, such as in North Africa (Morocco, Algeria
and Tunisia) (20 mm-8m/y), Libya (25 mm-4m/y), Egypt (45 mm-10m/y), the Middle
East (Saudia Arabia = 50 mm-6m/y), Iraq (20 mm-10m/y) northwestern India (40 mm/y),
North China (22 mm/y), and the high plains of the USA (27.6 mm/y) [17–27].

In the study area, the phosphatic rock extraction started in the mid-1950s after the phos-
phate mine was discovered in 1899 in the Gafsa basin (Metlaoui region–Thelja Gorge) by
the Company of Phosphate of Gafsa (CPG). The annual production of exported phosphate
varied from 6 to 9 million tons, placing Tunisia fifth among world phosphate producers
before 2010 [28,29]. The Tunisian area (Gafsa-El Kef basin) is one of the most productive
phosphate regions in North Africa; it is ranked as the third country in phosphate production
(phosphate, phosphoric acid, and fertilizers) during this period. In this report, we study the
impact of the phosphate industry on the environment and human health in the study area.

2. Study Area

In the study area, the precipitation and surface water are limited due to the arid
climate of North Africa. Groundwater is a particularly important resource in this arid
and semi-arid land. The study area is located in the southern Mediterranean Basin, North
Africa. It is limited to the north and the east by the Mediterranean Sea, to the west by
the Algerian territory (Atlas Monts of North Africa), and to the south by the Saharan
platform (Figure 1). The great desert of North Africa (Algeria, Tunisia, and Libya) is
characterized by climatic fluctuation and irregularity with a precipitation rate varying
between 50 mm/y and 1500 mm/y. The climatic and meteorological parameters vary from
the north to the south. The north is characterized by (1000 < P < 1500 mm/y; −5 < T < 20 ◦C;
1000 < ETP < 1200 mm/y and 865 < solar radiation < 1045 Kwh/m2/y). However, the
south is characterized by (50 < P < 350 mm/y; −10 < T < 45 ◦C; 1750 < ETP < 2500 mm/y
and 870 < solar radiation < 1075 Kwh/m2/y). The study area is characterized by an
arid to semi-arid climate in the northern part of North Africa–Southern Mediterranean
Basin [15,28].

119



Hydrology 2024, 11, 84

Figure 1. Geographic location of the study area.

3. Socioeconomic of the Study Area

Tunisia’s economy has long been heavily dependent on extracting and exporting
phosphate resources. In addition, the country’s petroleum industry plays a significant
role in contributing to its gross domestic product (GDP), (Figure 1). Many of Tunisia’s
social and economic activities, as well as the development of important cities like Gabès
and Gafsa, are deeply intertwined with these extractive industries. The phosphate ore
mines that are exploited in Tunisia are primarily located in the southwestern regions
of the country. This geographical concentration of phosphate resources has been a key
factor in shaping the economic landscape and regional development patterns. During
the last half-century, anthropogenic activities increased to boost the Tunisian economy.
These Eocene (Ypresian) rocks (47 to 55 million years) are very rich in uranium and some
other rare elements (toxic and non-toxic: Cd, F, Li, Cr, Cu, As, Pb, Zn, Fe, Sr, Sb, V, and
Eu) [9–11,30]. The uranium content in this rock depends on climatic, tectonic, and eustatic
paleo conditions. The uranium distribution in the different phosphate layers in the study
area provides information about the sedimentation and oxidoreduction conditions, and
the determination of the activity ratios of 234U/238U in the phosphate layers can give
information about the paleoclimatic and paleogeomorphology conditions. The natural
radionuclide uranium has three isotopes in the natural environment U-234 (0.0054%),
U-235 (0.72%), and U-238 (99.27%) [31]. Of these isotopes, U-238 is the most important
natural radionuclide due to its long half-life (4.5 × 106 years) and chemical and radiation
toxicities [32,33].
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4. Lithological Proprieties

Based on data from cores collected from different stations in the study area (Tables 1 and 2).
In the north part of the study area (Table 1), we could distinguish two different lithological
levels [5–7]:

1- Alluvial sands and gravel (riverbed) are characterized by homogeneous fine-to-
medium sands intercalated by laminates of silts, with a predominance of silt and
clay (approximately between 60 and 66%), and a thickness of 0.5 to 2.5 m;

2- Limestones are characterized by carbonate and dolomite (fractured and karstified
rocks) with a thickness of 2 to 50 m.

Table 1. Characteristics of the lithological levels of the study area (north of Tunisia).

Lithology Mineralogy
Porosity

(%)
Density
(kg/m3)

Silt (%)
(<0.01 mm)

Thickness
(m)

Alluvial
sands and

gravel

Quartz (97–99%)
Silt and organic
matter (1–3%)

36–42 1.68 0.72–1.85 0.5–2.5

Limestones Carbonate (87–94%)
Dolomite (6–13%) 25–32 1.71 0.8–2.4 2–50

Table 2. Characteristics of the lithological levels of the study area (south of Tunisia).

Lithology Mineralogy
Porosity

(%)
Density
(kg/m3)

Silt (%)
(<0.01 mm)

Thickness
(m)

Aeolian
deposits

Quartz (97–99%)
Silt and organic
matter (1–3%)

33–37 1.74 0.8–2.5 0.5–2

Alluvial
sands

Quartz (85–92%)
Silt and organic
matter (8–15%)

30–38 1.71 1.4–10.4 2–3

In the southern part of the study area (Table 2), we could distinguish two different
lithological levels [34]:

1- Aeolian deposits are mainly composed of fine–medium-grained sands, with a pre-
dominance of silts (55–65%) and clays (15%), and have a low level of organic matter.
They have a variable thickness from one region to another, ranging from 0.5 to 2 m.
Over the last ten years, this thickness has increased year by year, essentially due to the
phenomenon of continuous desertification driven by sandstorms from south to north;

2- Alluvial sands (riverbeds) are characterized by homogeneous fine-to-medium sands
intercalated by laminates of silts, with a predominance of silts (62–64%) and clays
(approximately 16%), with a thickness ranging from 2 to 3 m.

5. Hydrology and Hydrogeology Setting

In the north, the Majerda drainage network is dendritic and perennial due to the
natural recharge (precipitation and springs) and anthropogenic activities (wastewaters
from the Fe, Pb, and Zn mines). In the southern part, the study area is characterized by
non-perennial wadies due to the arid climate, but the industrial sector (washing phosphate
and phosphogypsum valorization) creates a new stage by discharging wastewater directly
into the drainage network. This situation causes groundwater contamination through the
alluvial deposits and the major faults. The hydrogeology part is based on data from the
lithostratigraphic data from piezometers and exploitation boreholes from the multi-aquifer
system in the study area (10 < depth < 2150 m) (Figure 2). Several aquifer horizons can be
distinguished in the study area [11,23]:
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1- Alluvial aquifer, Pliocene, and Pleistocene–Holocene sands (shallow aquifer);
2- Mio-Plio-Quaternary aquifer (semi-confined aquifer);
3- Upper Cretaceous limestone/dolomite (semi-confined aquifer);
4- Lower Cretaceous sand (confined aquifer), contains fossil water (40–45 million years)

and geothermal water (35–92 ◦C).

Figure 2. A mathematical conceptual model showing the hydrodynamic of the multi-aquifer system
in the southern part of the study area.

The groundwater contained in these aquifers is mainly recharged by precipitation
and perennial drainage networks. Numerous hydraulic exchanges take place in these
layers and directly influence the hydrogeological conditions, ensuring their hydraulic
intercommunications (major faults impact).

6. Material and Methods

During spring, summer, and autumn 2023, 105 sediment samples, 50 air locations, and
33 deep wells in this study were analyzed using a TERRA detector (pocket-type instrument)
in the field, known for its high sensitivity to climatic variations such as temperature and
humidity, as well as anthropogenic activities. This state-of-the-art detector is capable of
accurately detecting and quantifying the cumulative levels of alpha and beta particles,
as well as gamma rays, providing precise measurements of the diverse forms of total
radioactivity (U-Th-Ra and R) present in the analyzed samples. It features high-resolution
capabilities for sediment samples and includes a user-friendly display screen. The samples
were further dried at 105 ◦C for 24 h to ensure the complete removal of moisture. Quality
control (QC) procedures were applied using homemade control samples and reference
samples provided by the IAEA (Environmental Monitoring Laboratory, Department of
Energy, Ukraine). An IAEA reference multi-standard radionuclide source was utilized to
calibrate the energy and efficiency of the detector. The sediment sampling was based on
the collection of sediment cores at depths of up to 2 m and cutting was conducted every
10 cm for physicochemical and radiometric analyses. The groundwater wells are based on
data sampling from the exploitation boreholes in the study area.
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The starting materials were washed with distilled water, dried at 110 ◦C overnight, and
sieved to give a homogeneous sample, and we followed the international protocol in this
geochemical analysis in the LAM3E laboratory, Chemistry Department, Faculty of Sciences
of Gafsa, Tunisia, and the radio-analysis laboratory of Bizerte Faculty, Tunisia. Analyses
were performed with a broad-energy germanium detector (Canberra), with a relative
efficiency of 43 percent. The U-238 activity was determined using four gamma peaks of
Bi-214 and two peaks of Pb-214 and Rn-222. U-235 was determined using the photopeak at
143 KeV, and Th-232 was determined by the 911 KeV peak of Ac-228. Calibration of the
detection system was performed using a certified multi-gamma source and was controlled
using reference materials from the International Atomic Energy Agency (AIEA), IAEA 327,
and IAEA 375.

7. Radiochemical Determination Methods

7.1. Determination of Po and Th

The sample solution passed through the TEVA columns, which were conditioned with
10 mL of 3 M HNO3. The columns were rinsed with 6 mL 3 M HNO3. These effluents were
retained as U portions and evaporated to dryness; 20 mL of 8 M HNO3 was used to elute
polonium. After this, the thorium was eluted with 20 mL of 10 M HCl. The Po portion
solution was retained for the following micro-co-precipitation, and the Th solution was
evaporated to dryness. For radioactivity analysis, Po and Th alpha sources were prepared
via the CuS micro-co-precipitation method and counted using alpha spectrometry for 24 h.

7.2. Determination of U

The UTEVA columns were pre-conditioned with 15 mL of 8 M HNO3, and the dried
U samples were dissolved in 8 M HNO3. The sample solutions were loaded into UTEVA
columns and rinsed with 15 mL of 8 M HNO3. Next, the columns were washed with 15 mL
of 4 M HCl, converting the columns to chloride form and removing any residual thorium
or plutonium. After this, the U was eluted with 20 mL of 0.5 M HCl; then, 1 mL of 10%
sodium sulfate Na2SO4 and 5 mL of concentrated HNO3 were added. The solution was
then evaporated to dryness. The U alpha source was obtained using the NdF3 micro-co-
precipitation method, and radioactivity was measured via alpha spectrometry [35].

7.3. Radioactivity Measurements of Ra

Groundwater was used directly without chemical separation for the determination
of Ra isotopes by gamma spectroscopy. Before gamma counting, groundwater samples
were stored for a few weeks, reaching a complete equilibrium between radium and radon.
Approximately 2.5 L of sample aliquot was sealed in a sample container and was counted
in a high-purity germanium detector for 48 h, a long enough time to minimize the counting
errors. In the direct approach, 226Ra was determined by measuring the peak at 186.2 keV.
The radioactivity of 228Ra was obtained by counting its daughter 228Ac (t1/2 = 6.15 h) [36].

8. Results and Discussions

8.1. Radionuclides Transfer Mode and Environmental Impact
8.1.1. Environmental Contamination Measurements

Extensive measurements were conducted using in situ gamma spectrometry tech-
niques to accurately estimate the inventories of radionuclides in contaminated soils and
groundwaters within the study area. This approach is an efficient alternative to the tra-
ditional, time-consuming methods of air, soil, and groundwater sampling followed by
laboratory analysis. The surface gamma spectrometry investigation depth ranged from
0.2 to 2.5 m, depending on the specific soils and radionuclides under consideration.

8.1.2. Gamma Spectrometry Data

The gamma spectrometry data provided detailed insights into the spatial distribution
of radionuclides within the study area. The results revealed significant variability in
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radionuclide concentrations across different sites. The specific radionuclides measured
included uranium (U), thorium (Th), and radium (Ra); the average concentrations are
detailed in Table 1.

8.1.3. Mathematical Modeling of Radionuclide Transport

To further understand the transport and distribution of radionuclides, we adopted math-
ematical models for solute transport in groundwater, as developed by references [23,37–42].
These models are essential for demonstrating the system’s functioning in a steady state,
particularly concerning the flow speed and the transport of radionuclides in the unsatu-
rated zone. This transport is influenced by artificial recharge from phosphate wastewater,
phosphogypsum (PG), and other mining fluids within the multi-layer aquifer system.

8.1.4. Modeling Approach and Findings

The transfer of radionuclides was modeled under the assumption that the medium
is laterally isotropic and homogeneous, and vertically anisotropic and heterogeneous.
The solute transfer occurs primarily through mass effect. Initially, a coupled 1D and
saturated 3D model was explored to simplify the unsaturated model. However, due to
the inconclusive nature of the unsaturated 1D approach, an unsaturated 2D model was
subsequently constructed to provide a more realistic representation of groundwater flow
and radionuclide migration. The results of this modeling are shown in Figures 3 and 4a.

 

Figure 3. The origin of groundwater contamination in southwestern Tunisia (a) in the wadi; (b) in
the Sebkha.

8.1.5. Radionuclide Distribution Patterns

Figures 3 and 4a illustrate the spatial variability in radionuclide distribution and the
predicted flow patterns of groundwater. The data indicate that radionuclide concentrations
are higher in areas closer to mining activities and artificial recharge points. This spatial
distribution highlights the significant impact of anthropogenic activities on environmental
contamination levels.
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Figure 4. (a) Model of radionuclide propagation through groundwater transfer in southwestern
Tunisia. (b) The conceptual model shows the dam surface water and karst groundwater contamination
in northern Tunisia. (c) The conceptual model shows the dam surface water and karst groundwater
contamination in northern Tunisia [12].
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8.1.6. Health and Ecological Risk Assessment

A preliminary health and ecological risk assessment was conducted based on the
measured and modeled radionuclide concentrations. The assessment identified potential
risks to human health and the ecosystem, particularly in areas with elevated radionu-
clide levels. These findings underscore the importance of continuous monitoring and the
implementation of mitigation strategies to protect public health and the environment.

The deterioration of the ecosystem and human health is in relation to the water
resources contamination by the phosphate extraction in the study area. The rate of gamma
radioactivity in the deep groundwater ranges between 0.07 and 0.31 mSv/y, and this
water contains higher radioactivity compared to shallow groundwater (Table 3). The
increasing radioactivity in shallow wells is due to the direct contamination by dust aerosols
(atmospheric pollution) and soil (pedological pollution) from phosphate-U extraction and
phosphogypsum-U solid stock in the M’dhila region. But far from this region (Gafsa
North, Sidi Boubaker, and Oum Laksab), this water is not contaminated. The increasing
radioactivity in deep groundwater of the CI transboundary aquifer (thermal fossil deep
groundwater from the North-Western Sahara Aquifer System) is due to the water–rock
interaction and the dissolution impact of the radionuclides in the aquifer (long residence
time). The concentration of all the samples measured is higher than the guidance level
(1 Bq/L) for controlling radionuclide health risks from drinking water, as proposed by the
WHO The high concentrations of radioactivity have been found near the industrial area
(phosphate-U of the Gafsa basin), in the deep geothermal water in the Tozeur region (GWs
18, 19, 20), and the deep geothermal water in the Sidi Ahmed Zarroug region (GW 17- Gafsa
region). In the shallow aquifers, the radionuclide concentrations are U-238 = 0.165 Bq/L,
U-234 = 0.75 Bq/L, Th-228= 0.12 Bq/L, Ra-228 = 1.12 Bq/L, and Ra = 4.5 Bq/L. Nevertheless,
these concentrations in the deep aquifers are U-238 = 0.57 Bq/L, U-234 = 0.68 Bq/L, Th-
228 = 0.12 Bq/L, Ra-228 = 0.75 Bq/L, and Ra = 4.27 Bq/L (Table 3).

Table 3. Concentrations 238U, 228Th, 226 Ra (Bq/L) and gamma radioactivity (mSv/y) in shallow and
deep groundwater samples in southern Tunisia.

Region Sample ID
Gamma

Radioactivity
mSv/y

238U 234U 228Th 228Ra 226Ra

M Dilla1 * GW1 0.18 0.19 0.83 0.24 2.05 7.95

M Dilla2 * GW2 0.16 0.2 0.75 0.22 2.00 7.98

M Dilla3 * GW3 0.22 0.22 1.22 0.1 0.84 4.48

El Guettar1 * GW4 0.24 0.22 1.23 0.11 0.88 4.56

El Guettar2 * GW5 0.19 0.20 1.09 0.1 0.78 4.49

El Guettar3 * GW6 0.16 0.21 0.76 0.24 2.04 8.02

Gafsa North1 * GW7 0.09 0.12 0.67 0.12 1.24 7.87

Gafsa North2 * GW8 0.06 0.09 0.5 0.09 1.17 7.32

Gafsa North3 * GW9 0.07 0.08 0.48 0.085 1.15 7.28

Gafsa North4 * GW10 0.08 0.11 0.52 0.11 1.18 7.64

Metaloui1 * GW11 0.14 0.2 0.61 0.11 1.21 6.98

Metlaoui2 * GW12 0.15 0.19 0.58 0.12 1.24 7.09

Metlaoui3 * GW13 0.18 0.23 0.66 0.14 0.96 1.87

Moulares1 ** GW14 0.08 0.1 0.32 0.13 0.52 0.89

Moulares2 ** GW15 0.07 0.11 0.33 0.16 0.66 1.05

Moulares3 ** GW16 0.09 0.12 0.42 0.18 0.79 2.07

S. Ahmed Zarroug ** GW17 0.24 1.05 0.52 0.21 1.02 7.56
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Table 3. Cont.

Region Sample ID
Gamma

Radioactivity
mSv/y

238U 234U 228Th 228Ra 226Ra

Tozeur1 ** GW18 0.23 0.82 0.47 0.19 0.81 5.21

Tozeur2 ** GW19 0.26 0.98 0.41 0.2 0.72 4.45

Tozeur3 ** GW20 0.24 0.87 0.52 0.09 0.55 7.02

Sidi Boubaker1 ** GW21 0.10 0.09 0.31 0.04 0.42 2.63

Sidi Boubaker2 ** GW22 0.09 0.1 0.34 0.05 0.33 2.91

Oum Laksab1 * GW23 0.07 0.08 0.31 0.02 0.29 2.78

Oum Laksab2 * GW24 0.07 0.05 0.38 0.02 0.29 2.78

Oum Laksab3 * GW25 0.08 0.04 0.35 0.01 0.31 3.21

Gabès1 * GW26 0.26 0.29 1.04 0.13 0.2 0.98

Gabès2 ** GW27 0.29 0.32 0.98 0.12 0.14 1.02

Gabès3 ** GW28 0.28 0.24 0.78 0.1 0.16 1.12

Gabès4 ** GW29 0.31 0.33 1.05 0.11 0.12 ND *

Jerba1 * GW30 0.06 0.04 0.28 0.02 0.24 3.01

Jerba2 ** GW31 0.24 0.23 0.66 0.11 0.14 1.14

Jerba3 ** GW32 0.22 0.31 0.74 0.14 0.42 2.02

Jerba4 ** GW33 0.3 0.33 0.81 0.16 0.36 ND *

--- Mean-shallow 0.13 0.165 0.75 0.12 1.12 4.5

--- Mean-Deep 0.202 0.57 0.68 0.12 0.75 4.27

* GW: shallow groundwater, ** GW: deep groundwater, ND *: not detected.

Adding contributions from all radionuclides present in the study area, the total annual
effective dose HE (mSvy−1) to an individual was found for the studied samples using
Equation (1):

HE = ∑(Ra × Ai · Cf) (1)

Ra is the radioactivity concentration of radionuclides in the water samples (BqL−1), Ai
is the annual intake (1y−1), and Cf is the ingested dose conversion factor for radionuclides
(mSvy−1), which varies with the type of radionuclide, as well as the age and gender of the
individuals ingesting the toxic radionuclides.

8.2. Groundwater Contamination

Groundwater contamination poses significant risks to the ecosystem, human health,
environmental quality, and socioeconomic development in the study area. Our study
focused on the transboundary region of the Tuniso-Algerian basin, examining both the
northern and southern parts of this area.

8.2.1. Northern Transboundary Part (Tuniso-Algerian Basin)

In the northern part of the basin, the shallow karst aquifers are particularly vulnerable
to surface contamination from perennial drainage networks and agricultural activities.
The use of surface water from dams and irrigation with water from shallow aquifers,
both contaminated with potentially toxic elements and radionuclides, can lead to the
accumulation of these toxic elements in crops such as cereals and vegetables, posing direct
health risks to humans.

The geochemical and radiological analyses revealed the following concentrations in
surface water from the Sidi Salem Dam:
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238U: 1.72 Bq/L, 232Th: 0.068 Bq/L, 40K: 94.6 Bq/L, TDS: 0.5 mg/L and NO3: 20 mg/L.
In contrast, the shallow karst aquifer exhibited higher contamination levels:
238U: 2.61 Bq/L, 232Th: 0.28 Bq/L, 40K: 220 Bq/L, TDS: 1.5 mg/L and NO3: 475 mg/L.
These findings indicate that groundwater has higher radioactivity levels compared

to surface water, likely due to cumulative effects and radioactive decay. The excessive
use of fertilizers and pesticides in agricultural areas contributes to elevated nitrate levels
(NO3 = 475 mg/L) and potassium-40 (40K = 220 Bq/L).

Our conceptual model, which integrates geological, hydrological, hydrogeological,
geochemical, and radiological data, illustrates the relationship between surface water and
groundwater in the study area (Figure 4b).

8.2.2. Southern Transboundary Part (Tuniso-Algerian Basin)

In the southern part of the basin, the shallow and deep aquifers, including the Com-
plex Terminal and North-Western Sahara Aquifer System, are also susceptible to surface
contamination from perennial drainage networks such as the Thelja and Magroun wadis.
Contamination in these areas arises from domestic use and irrigation with water from
shallow and deep aquifers containing potentially toxic elements and radionuclides. These
contaminants accumulate in fruits (e.g., dates, pistachios, olives) and vegetables, increasing
health risks to humans.

A major source of contamination in this region is the phosphate–uranium rock extrac-
tion industry in the Gafsa industrial sectors. Activities such as extraction, washing, and
processing into phosphogypsum, fertilizers, and phosphoric acid contribute to atmospheric,
pedologic, hydrologic, and hydrogeologic pollution.

The geochemical and radiological analyses from washing phosphate show 238U = 60 Bq/L,
232Th = 11.25 Bq/L, 40K = 180 Bq/L, TDS = 2100 mg/L, and NO3 = 524 mg/L; from PG, the
measurements are 238U = 2.5 Bq/L, 232Th = 18 Bq/L, 228Ra = 80 Bq/L, 226Ra = 230 Bq/L.
Shallow groundwater shows 238U = 0.165 Bq/L, 234U = 0.75 Bq/L, 232Th = 0.13 Bq/L,
228Ra = 1.12 Bq/L, 226Ra = 4.5 Bq/L, 40k = 380 Bq/L, TDS = 4 g/L and NO3 = 485 mg/L.
Deep geothermal aquifer results are 238U = 0.57 Bq/L, 234U = 0.68 Bq/L, 232Th = 0.12 Bq/L,
228Ra = 0.75 Bq/L, 226Ra = 4.27 Bq/L, 40k = 380 Bq/L, TDS = 4 g/L and NO3 = 485 mg/L.
The shallow groundwater is characterized by a higher value of radioactivity than the
groundwater from the contamination impact from the phosphate industry and the cu-
mulative and radioactivity disintegration impacts. The excessive use of fertilizers and
pesticides in agricultural areas causes an increase in NO3 (485 m/L) and 40K (380 Bq/L).
The following conceptual model refers to the combination of all the geological, hydrological,
hydrogeological, geochemical, and radiological data showing the relationship between
the surface water and the groundwater in the study area (Figure 4c). The artificial lake of
the Gouilfa area is characterized by the stagnation of surface wastewater from washing
phosphate, phosphogypsum stock, and human wastewater (ONAS). In this place, we de-
tected a high rate of gamma radioactivity and a high value of organic matter. The transfer
of this contaminated water to the deep groundwater caused the deterioration of the deep
groundwater used in the domestic and irrigation sectors in the study area.

Uranium is a radiotoxic and chemotoxic element with an average abundance of 2.7 mg/kg
in the Earth’s crust. It generally occurs in minerals such as carnotite, uraninite, and autunite
in rocks and ores. Uranium concentrations as high as 15 mg/kg and 120 mg/kg are found
in volcanic rock (granite) and phosphate rock, respectively [43]. Uranium is 500 times more
abundant than gold, and 40 times more than silver [44]. There are three naturally occur-
ring radioactive isotopes of uranium: (238U-99.27%, t1/2 = 4.468 × 109 years), (235U-0.711%,
t1/2 = 7 × 108 years), and (234U-0.005%, t1/2 = 24.5 × 104 years).

The radiotoxicity transfer from sediments to water resources in the study area depends
on the pH, Eh, and the form of the father radionuclides (238U). Uranium exists in various
natural oxidation states, such as +3, +4, +5, and +6. In an aquatic environment, the predom-
inate states of uranium are tetravalent (U-IV) and hexavalent (U-VI), with the chemical
forms UO2 (uranous oxide) and UO2

2+ (uranyl ion), respectively. U-IV is sparsely soluble

128



Hydrology 2024, 11, 84

(10–6 m/kg at 25 ◦C) and immobile, whereas (U-VI) is soluble in water, mobile, and toxic
to the ecosystem and the environment [45,46]. In nature, other soluble forms of uranium
are UO2F2, UO2 (NO3)2, UO2Cl2, UF6, uranyl acetates, uranyl sulfates, and uranyl carbon-
ates [47]. However, oxidation-reduction and geochemical processes like mineral dissolution
and desorption from uranium-hosting minerals (Fe-Mn (oxy/hydroxides), silicates, and
phosphate rocks) are mainly responsible for uranium release in groundwater [48]. High ura-
nium concentrations in deep groundwater are predominantly due to U-VI species that leach
from host rocks under oxic to suboxic conditions [49]. This radionuclide can be redeposited
onto sandstone (Complex Terminal “Segui and Beglia sandy Fms.” and NWSAS “Sidi Aich
sandy Fm.”) under reducing environments. The geothermal deep water of NWSAS can
be a good catalyst of uranium mineral dissolution but the clay mineral and the organic
matter of the aquitards in the study area can be the inhibitors of radioactivity propagation
in groundwater depending on their thickness [12]. In this sandy geothermal transboundary
aquifer, the uranium is favorably fractionated in high-temperature meta-luminous melts
and is dependent on the geothermal gradient (30 ◦C/Km). The continental sandstone of
the Sidi Aich Fm. of NWSAS is radiologically stratified by these radionuclides. These
radiological groundwater contaminations are observed in many regions of the world like
the USA, the Republic of Korea, Australia, Brazil, Pakistan, Switzerland, Finland, Egypt,
Algeria, Morocco, KSA, and Kuwait [28,50–55].

8.3. Human Health Impacts

Fertilizers and pesticides used in agricultural areas can increase groundwater con-
tamination. Nitrogen contaminants, such as nitrate, nitrite, and ammonia nitrogen, are
prevalent inorganic contaminants. Nitrate is predominantly from anthropogenic sources,
including agriculture and domestic wastewater [12,56–58]. Other potentially toxic and
non-toxic elements found in groundwater include anions, oxyanions, and cations, such as
Cd, Pb, Zn, Cr, F, SO4, Cl, Na, K, Ca, and Mg. Total dissolved solids (TDSs), which refer
to the total amount of inorganic and organic ligands in water, also may be increased in
groundwater (water–rock interactions). These contaminants are usually of natural origin,
but human activities also can elevate concentrations in groundwater [59,60].

Potentially toxic elements (PTEs), metalloids, radionuclides (238U, 236Th, 224Ra, 222Ra,
and 40K), and both natural and anthropogenic aerosols (particle dust, CO2, CH4, N2O. . .)
are risk factors for the natural ecosystem and human health. Exposure to excessive con-
centrations of these PTEs can lead to severe poisoning, although some of these elements
are essential micronutrients at lower doses [8,61]. For example, exposure to hexavalent
chromium (Cr6+) can increase the risk of cancer [62]. Arsenic is ranked as a group 1 hu-
man carcinogen by the US Environmental Protection Agency (EPA) and the International
Agency for Research on Cancer (IARC), and As3+ can react with the sulfhydryl (-SH) group
of proteins and enzymes, upsetting cellular functions; these elements are persistent in
the environment and are subject to moderate bioaccumulation when they enter the food
chain [61,62].

The questionnaire was administered considering variables such as gender, age, and
residency status, distinguishing between inhabitants of mining regions and those living
outside these areas (150 persons). The collected data were then analyzed to determine
the prevalence of diseases, with results expressed as percentages for each demographic
group and geographic location. This method allowed for a comprehensive assessment of
how these factors influence health outcomes in both mining and non-mining communities.
Males are affected at a rate of 30% with the most affected age group being over 65 years
old. For females, the rate is 70%, with the most affected ages between 45 and 65 years old
(Figure 5a–c). The different types of cancers in both sexes (male—30% and female—70%)
are breast—52%; prostate—15%; lung—9%; uterus—8%; stomach and colon—6% each; and
liver—4%) (Figure 5d).
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Figure 5. (a–c) Human health contamination vs. sex and age. (d) The different types of cancer in the
study area.

In the study area, the radioactivity impact on human health depends on the adsorption
dose (cumulative dose/day and/or per year) from natural and anthropogenic radioactivity.
High radiation can damage the DNA in our cells, as well as neurological, respiratory, and
reproductive systems, leading to cancer (Figure 6).

Figure 6. Natural and anthropogenic radioactivity impacts on human health in the study area.
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The study area suffers from radionuclide disintegration (238U, 236Th, 228Ra, 226Ra, and
222R), as well as the impact of radon (gas) from the phosphate rock and phosphogypsum on
human health and the ecosystem. The effects of radiation can be divided into two categories,
showing subtly different relationships between dose and effect. Tissue effects, seen at high
doses (>1 Sv), are associated with cell killing in the tissues exposed and show a direct
correlation with dose and exposition time. The Gafsa area (phosphate basin) is characterized
by a high rate of cancer in Tunisia [12]. Cancer is a public health concern, particularly
regarding its stochastic effects on age and sex. Atmospheric, pedologic, hydrologic, and
hydrogeological contaminations are the most common sources of the ecosystem and human
health deterioration (Figure 7).

Figure 7. Model of radionuclide propagation via air, soil, and groundwater transfer in the phosphate
industry basin.

9. Conclusions and Perspectives

This study highlights the significant impacts of the phosphate industry on groundwa-
ter quality in the Gafsa-El Kef basin in Tunisia, emphasizing the presence of radionuclides
and potentially toxic elements (PTEs) in both surface and groundwater. The extensive
analysis of sediment, air, and groundwater samples using advanced gamma spectrometry
and geochemical techniques reveals that uranium, thorium, and potassium isotopes are
prevalent in the region, posing considerable health and environmental risks. The results
demonstrate that radionuclides from phosphate mining and processing activities are widely
distributed in the study area. These contaminants migrate through both surface runoff
and subsurface flow, facilitated by the region’s geological and hydrological characteris-
tics. The solute transport models indicate that artificial recharge from industrial activities
significantly influences radionuclide distribution in the multi-layer aquifer system. This
study confirms that groundwater in the region, especially in the shallow karst aquifers
and deeper aquifers such as the Complex Terminal and North-Western Sahara Aquifer
System, is contaminated with high levels of radionuclides and PTEs. The contamination
is more severe in groundwater than in surface water, suggesting cumulative effects and
significant groundwater–surface water interactions. The elevated concentrations of ura-
nium, thorium, potassium, and nitrates in groundwater pose direct risks to human health
through irrigation and domestic use. The high levels of radioactivity and toxic elements in
groundwater used for agricultural purposes could lead to the accumulation of these con-
taminants in crops, subsequently entering the food chain and affecting human health. The
decline in groundwater quality has profound implications for sustainable socioeconomic
development in the region. The reliance on contaminated groundwater for agricultural
and domestic use threatens the health of local populations and undermines the economic
stability dependent on these water resources. Given the significant risks identified, there
is a pressing need to rigorously monitor and manage groundwater resources in the study
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area. Implementing comprehensive groundwater protection strategies, including regular
monitoring of radionuclides and PTEs, promoting sustainable agricultural practices, and
controlling industrial discharges, is crucial for mitigating health and environmental risks.
This study underscores the urgent need to address groundwater contamination in the
Gafsa-El Kef basin. Ensuring the sustainability of groundwater resources in this arid and
semi-arid region requires coordinated efforts between governmental bodies, industries, and
local communities to protect and manage water resources effectively. The findings provide
a foundation for future research and policy-making aimed at safeguarding groundwater
quality and ensuring the health and well-being of the region’s inhabitants.
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Abstract: The objective of this study was to assess the water quality status of the surface water
and groundwater resources in the Middelburg area, South Africa. The assessment was addressed
using combined water quality indices, investigating selected chemical parameters over four different
seasons for a period of five years from 2017 to 2021. A combination of the Canadian Council of
Ministers of the Environment water quality index and the comprehensive pollution index was used to
analyze the water quality status of surface water and groundwater of the town of Middelburg, situated
near coal mining activities in Mpumalanga, South Africa. The combination of the indices indicated
that some surface water monitoring sites ranged between poor to fair water quality. Groundwater
monitoring points also showed a poor to fair ranking. The comprehensive pollution index confirmed
that some sites showed very poor water quality in the summer seasons, exceeding expected limits for
the period 2017 to 2021. The principal component analysis further showed that both surface water and
groundwater sites had high levels of contamination with increased chemical parameters. The results
were compared against the different water quality guidelines. In an extensive monitoring program,
water management systems must be properly implemented to mitigate impacts on water resources.

Keywords: coal mining; acid mine drainage; water quality; pollution indices; multivariant analysis

1. Introduction

In most developing countries around the world, including South Africa, the mining
industry effectively contributes to their socioeconomic development. Over centuries,
mining has been an economic driver contributing to the gross domestic product, providing
employment and business opportunities. However, the industry also poses a big threat to
the natural environment [1,2]. Most mining countries have been victims of water pollution
and unrehabilitated land [3]. This has resulted in water quality contamination becoming a
significant environmental challenge in many countries around the world. The expansion of
coal and gold mining in California has not only contributed to industry growth and success
in the United States but also increased detrimental impacts on the environment [4]. In
Spain, the Tinto River has experienced endless pollution from mining impacts such as acid
mine drainage (AMD) [5]. In China, the Coal Industry Association also showed a reduction
in coal mines from approximately 80,000 to 5800; however, most of the closed mines have
resulted in environmental challenges and deteriorating water quality [6].

The government of South Africa has set laws and policies through the Department of
Environmental Affairs and the Department of Water and Sanitation, previously known as
the Department of Water Affairs and Forestry, to ensure that mining does not impact the
environment. However, there has not been a significant improvement in the degradation
of the environment. The availability and quality of South Africa’s water resources are
under strain from trends in natural and anthropogenic activities including urbanization,
intensive agricultural practices, and significant industrial developments such as mining
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operations [7]. Since the majority of these rapidly expanding water users are located
upstream of sizable rivers and dams, the effects of their effluent discharges and return
flows on water resources are substantial [8]. The aquatic ecosystem, human health, and
other water users all suffer significant effects from the decline in the quality of water
resources. Increased salinity, heavy metals, nutrients, organic debris, and sedimentation
are a few of the frequent water quality issues [9].

To determine the amount of good water quality needed for residential use, the sustain-
able environmental or ecological flow of rivers, and the quality of water sources for various
applications, it is crucial to monitor water quality and anthropogenic disturbances on water
resources. Additionally, utilizing assessed factors, the water quality indices (WQIs) were
created to depict the current water quality status of watercourses. Nevertheless, certain
WQI models are not generic since they create uncertainty in the process of converting vast
volumes of water quality data into a single index because they are typically created in
accordance with site-specific rules for a specific region [10].

Numerous academics from around the world have used these indices to evaluate
the state of surface water and groundwater bodies. This includes the Horton index, the
National Sanitation Foundation WQI, the Scottish Research Development Department
index, the water quality index of the Canadian Council of Ministers of the Environment
(CCME–WQI), the Bascarón WQI, the fuzzy interface system, the Malaysian WQI and the
West Java WQI [10–12], the comprehensive pollution index (CPI), organic pollution index
(OPI), eutrophication index (EI), trace metal pollution index (TPI) [13], and the National
Sanitation Foundation–Environmental Sanitation Technology Company of the State of São
Paulo WQI) [14].

Previous studies used a modified pollution index to determine the water quality
status of the Loskop Dam, South Africa, and reported nutrient enrichment and heavy
metal pollution [15]. Son et al. [13] evaluated the water quality of the Cau River using
a combination of indices, including the WQI, CPI, OPI, EI, and TPI. They found signif-
icant eutrophic conditions and organic pollution downstream. Tang et al. [16] used the
comprehensive pollution index to assess the water quality of Qilu Lake. Matta et al. [17]
used the CPI to assess the water quality of the Henwal River in India and found moderate
and severe contamination at many sampling sites. Using a combination of indices (CPI,
OPI, EI, and TPI), Mishra et al. [18] assessed the Surha Lake in India and discovered that it
was eutrophic and moderately polluted. Lumb et al. [19] evaluated the water quality of
the Mackenzie Great Bear Sub-basin using the CCME–WQI and found turbidity and trace
metal contamination. In the Norte Chico zone of north-central Chile, Espejo et al. [20] also
applied the water quality status of four watersheds (Huasco Basin, Elqui Basin, Choapa
Basin, and Limarí Basin) using the CCME–WQI. They found that, overall, the water quality
was fairly acceptable, with the Limarí Basin having particularly good quality.

Although these tools have been modified and applied in various reservoirs, the WQIs
have been used to address these issues to better assess the general water quality for both
surface water and groundwater; however, not much work has been conducted at the
catchment level of the study area. For this study, a combination of both the CCME–WQI
and CPI was used to understand the overall water quality at the study area. There are very
limited studies where combined indices were used to assess coal mining impacts in water
resources [21]. The main reasons for selecting the CCME–WQI in the study was because it
is an easy application to use, and it offers flexibility in selecting the variables to analyze
in the model [22] as well as its ability to identify the space and time of dynamics in water
quality and provide a number to represent water quality in a specific area of interest and
time. The CCME–WQI can also simplify a complex dataset to be easier to understand.
Furthermore, the index can also communicate the water quality status to decision makers
and the public at large.

The CPI is another essential technique for scientific reflection of the kinds and levels of
pollution in water systems. The CPI was also used in Bangladesh to assess the Karnaphuli
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River, where severe pollution was identified from different wastes generated from various
industries situated at the banks of the river [23].

With the social and economic development of the town of Middelburg, South Africa,
and the upper Olifants River catchment largely influenced by coal mining, McCarthy [24]
confirmed that approximately 50 million liters per day of AMD were decanting from
defunct mines. The water quality in the Loskop Dam situated just downstream of the town
of Middelburg has over time shown contamination, with groundwater being impacted
by mining taking place upstream [25]. Furthermore, Adler and Rascher [26] mentioned
that the impacts of AMD found in the Witbank and Middelburg regions of South Africa
included environmental, political, and socioeconomic impacts. The environmental impacts
included pollution of surface water through heavy metals, affecting aquatic life [3,26,27].
Therefore, there was a need to assess the groundwater and surface water quality status of
the Middelburg region and to determine their pollution sources.

According to Atangana [28] and Oberholster et al. [15], it is imperative to develop tools
such as water monitoring indices that may be utilized to detect and mitigate pollution in
these types of catchments. An effective way to enhance data interpretation and analysis is
to assess the present status of water quality in the watershed using a variety of water quality
indices (e.g., CCME–WQI and CPI) in combination with water quality guidelines. Using
the pollution indices (CPI and CCME–WQI), in relation to the water quality guidelines can
provide better scientific evidence on the level and extent of pollution in water resources,
which will be essential for decision makers. Very little is known about the use of combined
WQIs in catchments impacted by AMD in South Africa; it will therefore be important
to improve monitoring data analysis and interpretation. The study therefore aimed at
achieving the following objectives:

1. To use existing water quality monitoring data for both surface water and groundwater
sampling points in the Middelburg region and compare it with the water quality
resource objectives of the study area;

2. To use different water quality indices (CCME–WQI and CPI) in combination with the
water quality guidelines to determine the impacts of coal mining activities on surface
water and groundwater quality around the study area;

3. To evaluate the interrelationship trends of the surface water and groundwater quality
data;

4. To provide possible and efficient mitigation measures for the protection of water
resources from coal mining and other related land-use activities.

2. Materials and Methods

2.1. Description of Study Area

The case study is situated approximately three kilometers south of the town of Middel-
burg near the N4 National Road and the R35 Middelburg–Bethal Provincial Road within
the Steve Tshwete Local Municipality of the Nkangala District in the Mpumalanga Province,
South Africa. The mining industry around the area has been contributing effectively to the
socioeconomic development of the country by providing employment opportunities. The
study area falls within the summer rainfall regions of the Mpumalanga province, where a
typical Highveld climate with warm summers are observed at the range of 12 ◦C to 29 ◦C
and winters from −3 ◦C to 20 ◦C. The Mpumalanga Highveld has distinct wet and dry
seasons, with about 91% of the area’s mean annual rainfall experienced from October to
April [29].

The topography of the study area is mostly characterized by subdued relief and
consists of gently shallow sand slopes [30]. Most of the coal mines in and around the area
are exploiting coal, which occurs in shallow depths, influencing the dominating use of
opencast mining methods [31]. The area is underlain by sediments of the Ecca Group that
forms part of the Karoo Supergroup. The Ecca Group consists mainly of dark grey shale
that is carbonaceous in some instances, with interbedded whitish sandstone and greyish
gritstone as well as occasional coal bands [32].
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The area falls within the Olifants Water Management Area 2 (WMA 2). The water
management area is characterized by extensive agricultural and mining activities, mostly
associated with coal deposits dominating the northern part of the area [25]. The catchment
in which the study area falls consists of perennial streams situated on both the eastern and
western side, draining towards the major rivers, namely the Olifants and Klein-Olifants
Rivers. Within the B11H quaternary catchment, the tributaries flow in a north–west
direction to the confluence with the Olifants River; at B12D, the streams flow north–east to
the Klein-Olifants River, which then drains to the major Olifants River. Figure 1 shows the
regional and drainage locality of the study area.

Figure 1. Regional and drainage regions of the study area, South Africa.

2.2. Field Sampling and Analysis

Due to increasing water pollution caused by mining activities, especially in the coal-
fields, authorities such as the Department of Water and Sanitation have enforced the
importance of water quality management, which entails monitoring. The National Water
Act 36 of 1998 has further introduced an integrated water resource management concept,
compromising all water resources aspects such as water quality monitoring [33].

For the current study, historical data from the surface water and groundwater mon-
itoring points, as shown in Figures 2 and 3, were utilized to achieve the objectives set.
The data were obtained from an established monitoring program on a monthly basis for
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surface water and on a quarterly basis for groundwater for a period of five years from 2017
to 2021. The monitoring program was developed to provide the mining companies with
the necessary information to assess the successes and failures of their water management
strategies and comply with monitoring commitments stipulated in issued licenses and
environmental permits. Using historical data provided answers and different perspectives
on issues [34,35]. The water quality data were compared against the following standards to
assess the level of contamination: resource quality objectives (RQO) [36], target water qual-
ity range (TWQR) [37,38], the CCME–WQI [39], and the guidelines of the Australian and
New Zealand Environment and Conservation Council and the Agriculture and Resource
Management Council of Australia and New Zealand (ANZECC/ARMCANZ) [40].

Figure 2. Surface water monitoring sites sampled from 2017 to 2021 (A–H sampling sites) [41].
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Figure 3. Groundwater sampling sites sampled from 2017 to 2021 (BH = borehole) [41].

2.3. Surface Water

The sampling procedure followed for the monitoring was the grab sampling method,
which involved dipping a plastic bailer into the water to collect samples from the center
of the streams, which were collected in clear, marked, sterilized one-liter plastic bottles.
The bailer was rinsed with water from each sampling site to prevent cross-contamination.
Monitoring of surface water was conducted on a monthly basis from 2017 to 2021 at
eight sampling sites. The name of the sample, date, and time of collection were marked
on each of the sampling bottles using a permanent marker. Water quality sampling was
conducted during the day, and no on-site analysis was conducted. The samples were then
transported in a cool insulated container under strict protocols within 24 h to an accredited
laboratory for analysis, namely the Regen Waters Laboratory in Witbank, Mpumalanga,
which is accredited for the chemical and microbiological analysis of water samples in terms
of the South African National Accreditation System.

2.4. Groundwater

Contrary to surface water, groundwater monitoring was conducted during the day
on a quarterly basis from 2017 to 2021 at eight boreholes using the grab sampling method.
A plastic bailer tied with a rope was used, which involved dipping it into the borehole to
collect samples from the borehole, which were collected into clear, marked, sterilized one-
liter plastic bottles and labelled similarly to those of the surface water. The bailer was also
rinsed with water from each sampling site to avoid the possibility of cross-contamination.
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All water samples were kept in a cool insulated container under strict protocols to be tested
within 24 h.

All collected samples were then transported to an accredited laboratory, Regen Waters
Laboratory, in Witbank, Mpumalanga, for analysis in terms of the South African National
Accreditation System. The analyses were conducted following the methods specified by
the South African Bureau of Standards. For nutrient analysis such as chloride, nitrate,
and ammonia, the laboratory used the procedures for the analysis of chloride, nitrate, and
ammonia and methods such as spectroscopy and inductively coupled plasma–optimal
emission spectrometry (ICP–OES). Furthermore, the inductively coupled plasma–mass
spectrometry (ICP–MS) was used by Regen Waters Laboratory for metal analyses due to its
sensitivity, as it detects very low concentrations.

2.5. Selection of Sampling Sites

The sampling sites were strategically selected to determine potential contamination
of water courses. Surface water monitoring sites were selected from upstream and down-
stream of coal mining and related activities to monitor the water quality before and after
the study. Groundwater boreholes around the area were assessed for any plume move-
ment away from the mining and related activities. All sampling sites depicted a good
representation of what the study aimed to achieve.

Figure 2 indicates the location and description of the surface water monitoring points,
and Figure 3 shows the location of the boreholes sampled at the groundwater sampling sites.

2.6. Data Analysis
2.6.1. Water Quality Analysis

The Department of Water Affairs and Forestry [36] established the RQO of different
catchments and the TWQR [37,38] portraying the maximum limits for concentrations of the
variables allowed in surface water. The CCME [39] as well as the ANZECC/ARMCANZ [40]
guidelines were also used to assess the level of water quality in the study area. The World
Health Organization’s [42] guidelines for drinking water quality was used to specifically
assess the potential risks on groundwater in the receiving environment.

2.6.2. Water Pollution Indices

Understanding the source of pollution will help to recommend mitigation and man-
agement measures to reduce any further potential risks [43]. The available water quality
dataset was used to provide empirical evidence in making future environmental decisions.
The WQIs also represented the quality levels using the analyzed parameters. The CCME–
WQI was used to understand the overall water quality for surface water resources. The
benefit of using this index is its ability to identify water quality over space and time. It can
also simplify complex water quality data to be easily understandable [22].

The following equations for the CCME–WQI were used:

CCME–WQI = 100 −
√

F1
2 + F2

2 + F3
2

1.732
(1)

where

F1 (scope) represents the number of variables whose objectives were not met.

F1 =

(
Number o f f ailed variables
Total number o f variables

)
× 100 (2)

F2 (frequency) represents the number of items by which the objectives were not met.

F2 =

(
Number o f f ailed tests
Total number o f tests

)
× 100 (3)
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F3 (amplitude) represents the amount by which the objectives were not met.

Amplitude =
(

nse
0.01nse + 0.01

)
(4)

Excursion:

Normalised sum o f excursions(nse) =
∑n

i=1 excursion
Number o f tests

(5)

Excursion =

(
Failed test value
Guideline value

)
− 1 (6)

As indicated above, the understanding of water quality is important for managing the
environment and possible mitigation of pollution. The CPI is another method that can be
used to evaluate water quality [13]. The CPI technique is good for scientific reflection of
the kinds and extent of pollution in water systems. The pollution index (PI) was used to
undertake the groundwater assessment in this study to identify the coal mining impacts.

The CPI method is obtained from the following formula:

CPI =
1
n ∑

1=0
PI (7)

where

PI represents pollution index of individual parameters.
N is the number of parameters.

PI =
(

Ci
Si

)
(8)

where

Ci is the measured concentration of ith paramete
Si is the standard value of ith parameter.

The WQIs and values were classified into different categories as shown in Table 1.

Table 1. Water quality index ratings [44].

Water Quality Indices CCME–WQI Comprehensive Pollution Index

Excellent 91–100 < 0.2
Good 71–90 0.21–0.40

Poor/fair 51–70 0.41–1.00
Very poor/marginal 26–50 1.01–2.0

Unsuitable/poor 0–25 > 2.01

2.6.3. Statistical Analysis

All water quality analyses for surface water and groundwater samples were calculated
and standardized using Microsoft Excel 2016 and are represented as mean and standard
deviation. For this research, multivariate statistical techniques were also employed to
characterize, assess, and verify the seasonality of temporal and regional fluctuations in-
duced by human causes connected to surface water and freshwater quality. The water
quality datasets of the study sites, which includes all the parameters, were analyzed using a
multivariate approach such as principal component analysis (PCA) and regression analysis.
Using the IBM SPSS program version 13, a constrained variant of the linear ordination
approach of PCA, also known as a redundancy analysis (RDA), was carried out. Microsoft
Excel 2016 was used for the regression analysis.
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2.6.4. Principal Component Analysis

According to various researchers, the PCA is a crucial technique for establishing links
between environmental quality and landscape [45]. The variation in a collection of response
factors such as water quality variables explained by a set of explanatory variables such as
land use of watersheds was summarized by the RDA.

It is further used to reduce data and to extract principal components for analyses of
relationships between variables. PCA can reduce the number of correlated variables to a
smaller set of orthogonal factors, making it easier to interpret a given multidimensional
system by displaying the correlations among the original variables. PCA and derivative
methods have been widely applied to various environmental streams, such as water, air,
and soil, to identify sources of pollution through natural versus anthropogenic activities.

2.6.5. Multiple Linear Regression

Statistical methods such as the multiple linear regression model were used to measure
the strength of the relationship between a measured dependent variable and independent
variables of water quality parameters. The collected data from the surface and groundwater
quality monitoring station were analyzed to assess the differences in values at the different
sampling points.

Multiple linear regressions can be expressed using the following equation:

γ = β0 + β1x1 + β2βx2 + · · · . . . . . . . . . . . . . . . + βnxn + ε (9)

where

γ represents the dependent variable.
x1 . . . , x2 represents several independent variables.
β0 . . . βn represents the regression coefficient.
ε represents the random error.

According to Bhatnagar and Devi [46], the coefficient of determination (R2) measures
the model’s goodness of fit with the measured variables, which indicates the percentage of
variance for the developed models, as shown in Equation (15).

Equation (10): The coefficient of determination:

R2 =
∑N

i=1(Yi − y)2

∑N
i=1(yi − y)2 =

SSR
SST

= 1 − SSE
SST

(10)

where

SSR is the regression sum of squares.
SST is the observed variance.
SSE is sum of squares of the residuals.

R2 can be adjusted to reflect the different independent variables used and is expressed
as in Equation (10) above.

Equation (11): The independent variables:

Adjusted R2 = 1 − N − 1
N − K − 1

SSE
SST

(11)

Root mean square error is also used to evaluate the performance of the developed
model, as shown in Equation (12).

Equation (12): The root mean square error:

Root Mean Square Error =

√√√√ 1
n

N

∑
i=1

(xi − x̂i)
2 (12)

The xi is the actual value.
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x̂i is the predicted value, and n is the number of observations.
R2, adjusted R2, and root mean square error can be obtained directly from the output

data results.

3. Results

3.1. Water Chemistry

Generally, surface water monitoring sites become contaminated rapidly due to ex-
posure to various anthropogenic activities and natural causes. Looking at the average
concentrations of the chemical variables from the analyzed water quality data, all the
surface water monitoring points in the study showed some level of contamination that can
be associated with coal mining and related activities.

Total dissolved solids (TDS) is a measure of organic and inorganic materials dissolved
in water, such as salts, metals, ions, and different minerals. Anthropogenic activities are
known to produce TDS in water. Agricultural runoff and mining impacts such as AMD
can increase the presence of TDS in a water course. The increase in TDS at monitoring
sites A and B exceeded the permissible limits in all different seasons, as shown in Figure 4.
All other sites were below the selected guideline. A maximum average of 1373 mg/L
was analyzed during the spring season and an average of 1217 mg/L recorded for TDS
in summer.

 

Figure 4. Average total dissolved solids (mg/L) from 2017 to 2021.

Sulfates represent another naturally occurring variable on the earth from different
rock and soil types. Mining activities are likely to produce SO4 in abundance, which is
washed off to rivers and groundwater resources in the vicinity. The concentration of SO4
at monitoring sites A and B was recorded as higher than the 500 mg/L limit of the RQO
guideline [36] in all the seasons, ranging from 725 mg/L to 1174 mg/L for the entire five
years of monitoring (see Figure 5 and Table 2).
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Figure 5. Average sulfates (mg/L) from 2017 to 2021.

Monitoring site B also recorded an elevated average concentration of electrical conduc-
tivity (EC) in the seasons above 30 mS/m when compared to the ANZECC/ARMCANZ [40]
guidelines. Most of the surface water monitoring sites located away from the mining ac-
tivities, such as C, G, and H, showed an improved water quality. Monitoring points D, E,
and F had an average concentration exceeding the ANZECC/ARMCANZ [40] permissible
limits in all the seasons for each point, as shown in Figure 6. Table 2 indicates the average
concentrations of EC in all surface water monitoring sites.

 

Figure 6. Average electrical conductivity (mS/m) from 2017 to 2021.
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Sodium (Na), magnesium (Mg), and calcium (Ca) are largely found on the Earth’s
surface and absorbed by water as it moves across different soil and rock types. All sampling
points fell within all the expected limits. Figures 7 and 8 provide graphical presentations of
Ca and Mg, respectively.

 

Figure 7. Average calcium (mg/L) from 2017 to 2021.

 

Figure 8. Average magnesium (mg/L) from 2017 to 2021.

pH determines the acidity and alkalinity in water. It is expressed as a negative log of
the concentration of H+ ions. All the monitoring sites showed a pH level falling within the
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8.0–9.0 range. Only monitoring site D indicated acidic conditions of six in all the seasons
found below the expected limits (see Figure 9).

 

Figure 9. Average pH Level from 2017 to 2021.

Table 2. Average surface water quality results over four seasons for a period of five years (2017–2021)
in Middelburg, South Africa.

Points Season

TDS
(mg/L)

SO4
(mg/L)

Ca (mg/L) Mg (mg/L)
Na

(mg/L)
Fe (mg/L)

Mn
(mg/L)

EC
(mg/L)

pH Al (mg/L)

1000 *** 500 * 1000 *** 500 *** 2000 *** 0.3 **** 0.18 ** 30 ***** 8.0–9.0 * 5 **

A

Summer 1217 800 121 118 39 0.1 1 143 7 0.1
Autumn 1123 730 105 106 38 0.04 0.4 135 7 0.03
Winter 1179 790 116 119 36 0.03 0.1 145 7 0.03
Spring 1373 1174 144 127 44 0.1 0.3 156 7 0.04

B

Summer 1160 725 116 113 37 0.1 1 138 7 0.1
Autumn 1118 725 109 103 37 0.1 0.1 132 7 0.04
Winter 1113 743 108 112 36 0.1 0.1 137 7 0.04
Spring 1249 807 113 122 42 0.01 0.2 136 7 0.1

C

Summer 104 19 11 7 13 1 2 17 8 0.2
Autumn 105 18 11 7 13 1 0.2 18 7 0.1
Winter 102 17 9 7 14 0.2 0.03 17 8 0.1
Spring 108 18 11 7 14 0.2 1 18 8 0.1

D

Summer 499 302 49 32 10 18 5 58 6 1
Autumn 363 248 43 32 7 1 3 49 6 0.1
Winter 433 283 49 37 11 3 3 57 6 0.3
Spring 486 288 59 40 13 2 3 62 6 1

E

Summer 323 185 33 25 19 0.2 0.4 46 7 0.04
Autumn 257 141 25 19 17 0.2 0.2 37 6 0.2
Winter 327 191 32 26 20 0.0 0.2 47 7 0.02
Spring 457 276 47 38 25 0.1 0.4 62 7 0.1
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Table 2. Cont.

Points Season

TDS
(mg/L)

SO4
(mg/L)

Ca (mg/L) Mg (mg/L)
Na

(mg/L)
Fe (mg/L)

Mn
(mg/L)

EC
(mg/L)

pH Al (mg/L)

1000 *** 500 * 1000 *** 500 *** 2000 *** 0.3 **** 0.18 ** 30 ***** 8.0–9.0 * 5 **

F

Summer 451 143 37 25 63 0.2 1 49 8 0.1
Autumn 295 122 31 20 26 0.2 0.2 44 7 0.2
Winter 258 98 26 19 26 0.1 0.1 40 7 0.1
Spring 310 137 32 22 27 0.1 0.3 46 7 0.1

G

Summer 177 59 20 9 17 1 0.3 27 7 0.1
Autumn 128 41 15 6 14 1 0.02 22 7 0.03
Winter 150 51 16 7 18 0.1 0.01 24 7 0.03
Spring 202 51 22 11 24 1 0.4 32 7 0.2

H

Summer 104 19 11 7 13 0.5 2 17 8 0.2
Autumn 105 18 11 7 13 1 0.2 18 7 0.1
Winter 102 17 9 7 14 0.2 0.0 17 8 0.1
Spring 108 18 11 7 14 0.2 1 18 8 0.1

* RQO [36]; ** TWQR [37]; *** TWQR [38]; **** CCME [39]; ***** ANZECC/ARMCANZ [40].

Groundwater does not become contaminated as rapidly as surface water; however,
mining activities such as blasting and seepages of dirty mine water can contribute to its
pollution. The overall groundwater quality at the study area was poor to fair, with certain
parameters exceeded their required limits from the WHO guidelines 42].

TDS concentrations were very low in most groundwater sampling sites in comparison
to the WHO guidelines [42]. Monitoring site BH 2 was most contaminated, with TDS
concentrations ranging from 1961 mg/L to 2456 mg/L, exceeding the 600 mg/L limit, as
shown in Table 3 below. BH 7 and BH 9 also had some elevated average concentrations in
autumn (1.046 mg/L) and summer (1048 mg/L) in the monitoring period of five years, as
indicated in Figure 10.

 

Figure 10. Average total dissolved solids (mg/L) from 2017 to 2021.

Borehole BH 1 had an increased SO4 concentration (296 mg/L to 315 mg/L) higher
than the 250 mg/L of the WHO (2017) benchmark [42]. BH 9 also indicated an exceedance
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in all the seasons: spring (438 mg/L), summer (674 mg/L), autumn (445 mg/L), and winter
(650 mg/L) (Figure 11 and Table 3).

 

Figure 11. Average sulfates (mg/L) from 2017 to 2021.

The EC of all groundwater monitoring sites was within the WHO guidelines [42].
Monitoring sites BH 2 and BH 7 had increased average concentrations in all five years in all
the seasons but still complied with the WHO guidelines [42] (Figure 12 and Table 3).

 

Figure 12. Average electrical conductivity (mS/m) from 2017 to 2021.

150



Hydrology 2024, 11, 113

Monitoring site BH 2 had higher concentrations in comparison to the WHO [42] limits.
This site showed a level of contamination that can be associated with the mining activities
in the vicinity. Figure 13 and Table 3 show site BH 7 with a high average Ca concentration
during the spring season in the five years of monitoring.

 

Figure 13. Average calcium (mg/L) from 2017 to 2021.

Table 3. Average groundwater quality results over four seasons for a period of five years (2017–2021)
in Middelburg, South Africa.

Points Season

TDS
(mg/L)

SO4
(mg/L)

Ca (mg/L) Mg (mg/L)
Na

(mg/L)
Fe (mg/L)

Mn
(mg/L)

EC
(mg/L)

pH Al (mg/L)

600 250 250 300 200 0.3 0.1 1000 6.5–8.5 0.9

BH 1

Summer 462 300 65 9 12 0.1 0.2 63 7 0.05
Autumn 459 296 65 29 14 0.1 0.1 63 7 0.1
Winter 468 315 63 33 13 0.1 0.1 66 8 0.0
Spring 480 315 65 33 14 0.0 0.1 66 8 0.0

BH 2

Summer 2456 1625 333 167 72 3 10 248 5 2
Autumn 2392 1589 327 158 75 9 9 252 6 2
Winter 1961 1313 284 122 67 3 6 214 6 0.2
Spring 2172 1405 319 139 76 3 7 228 6 3

BH 3

Summer 139 16 19 10 11 0.1 0.0 24 7 0.2
Autumn 150 16 19 9 17 0.1 0.1 25 7 0.2
Winter 147 16 20 10 12 0.1 0.0 26 7 0.2
Spring 114 10 16 8 11 0.0 0.0 20 7 0.1

BH 4

Summer 27 2 2 1 5 1 0.3 6 5 0.02
Autumn 28 3 2 1 5 0.4 0.2 6 6 0.02
Winter 35 6 3 2 5 2 0.1 4 6 0.03
Spring 33 6 3 2 5 0.1 0.1 6 5 0.01
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Table 3. Cont.

Points Season

TDS
(mg/L)

SO4
(mg/L)

Ca (mg/L) Mg (mg/L)
Na

(mg/L)
Fe (mg/L)

Mn
(mg/L)

EC
(mg/L)

pH Al (mg/L)

600 250 250 300 200 0.3 0.1 1000 6.5–8.5 0.9

BH 5

Summer 30 1 2 1 4 1 0.4 5 6 0.01
Autumn 32 2 2 1 5 1 0.2 5 6 0.1
Winter 30 2 2 1 5 0.1 0.2 6 6 0.03
Spring 30 2 2 1 4 0.2 0.2 6 6 0.02

BH 6

Summer 298 154 18 21 30 7 0.4 41 6 0.1
Autumn 209 98 11 13 26 2 0.2 32 6 0.1
Winter 309 171 20 23 29 2 1 44 6 0.1
Spring 297 158 20 22 30 1 0.3 42 6 0.1

BH 7

Summer 595 2 12 21 23 0.2 0.1 131 7 0.02
Autumn 1046 17 17 15 28 2 0.1 224 8 0.1
Winter 953 3 18 14 35 1 0.1 219 8 0.03
Spring 691 3 130 13 24 1 0.1 155 8 0.1

BH 8

Summer 24 3 2 1 5 0.1 0.01 6 7 0.03
Autumn 30 5 2 1 5 0.1 0.02 6 6 0.1
Winter 29 4 2 1 5 0.1 0.02 4 6 0.1
Spring 52 6 6 3 7 0.1 0.01 8 6 0.1

BH 9

Spring 658 438 62 59 14 6 2 82 6 0.1
Summer 1048 674 116 90 21 22 4 119 7 0.04
Autumn 646 445 65 65 14 3 2 86 6 0.03
Winter 966 650 106 91 20 5 4 114 6 0.04

3.2. Canadian Council of Ministers of the Environment Water Quality Index

The results of the CCME–WQI were determined using the calculations and formulas
shown in Section 3 above. Most of the surface monitoring sites in the study area indicted
a fair to excellent water quality throughout all the seasons of the monitoring period of
five years, as shown by the index. Monitoring sites A and B ranged between 59% and 72%,
showing a fair quality, while monitoring site D had a very poor quality during the summer
and winter seasons between 2017 and 2021 at 36% and 48%, respectively. A very good
to excellent quality was determined in monitoring points E, F, G, and H, where in all the
seasons, the WQI ranged between 73% and 100%.

The scope (F1) represented the number of variables whose objectives were not met,
ranging from 0% to 66% in all the surface water monitoring points, as shown in Table 4.
The frequency (F2) of monitoring sites A and B was high in all the monitoring seasons for
the period of five years, which depicted a poor to fair water quality in comparison with
the CCME index. The highest amplitude (F3) was recorded in monitoring site D during
the summer and winter seasons between 2017 to 2021 at 90.5% and 72.5%, respectively,
showing very poor analyzed water quality.

Table 4. CCME–WQI over four seasons for a period of five years (2017–2021) in Middelburg, South
Africa.

Monitoring Points Seasons F1 F2 F3 CCME–WQI WQI Ranking

A

Summer 40 30 40.7 62.8 Poor/fair water quality
Autumn 40 28 31.7 66.4 Poor/fair water quality
Winter 40 28.6 32 66.1 Poor/fair water quality
Spring 50 29 40 59.3 Poor/fair water quality

B

Summer 40 28 38 64.2 Poor/fair water quality
Autumn 30 24.6 29.3 71.9 Good water quality
Winter 40 30.8 36.8 63.9 Poor/fair water quality
Spring 40 29.3 33.3 65.5 Poor/fair water quality
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Table 4. Cont.

Monitoring Points Seasons F1 F2 F3 CCME–WQI WQI Ranking

C

Summer 20 9.3 46 70.5 Poor/fair water quality
Autumn 20 6.66 14 85.4 Good water quality
Winter 10 1.9 0.97 94 Excellent water quality
Spring 10 0.67 2.6 94 Excellent water quality

D

Summer 60 20.6 90.5 36.2 Very poor water quality
Autumn 50 13.3 42.6 61.3 Poor/fair water quality
Winter 50 16.6 72.5 48.3 Very poor water quality
Spring 40 16 65.3 54.8 Poor/fair water quality

E

Summer 30 11.3 16.8 79.1 Good water quality
Autumn 30 10.6 10.7 80.6 Good water quality
Winter 20 10.6 8.3 86.1 Good water quality
Spring 40 13.3 19.1 73.3 Good water quality

F

Summer 30 10.7 23.2 77.2 Good water quality
Autumn 30 10 10.8 80.7 Good water quality
Winter 13 8.7 4.3 87.2 Good water quality
Spring 30 11.3 15.9 79.3 Good water quality

G

Summer 30 13.3 32.1 73.5 Good water quality
Autumn 10 2 12.3 90.8 Good water quality
Winter 10 2 12.2 90.8 Good water quality
Spring 0 0 0 100 Excellent water quality

H

Summer 20 7.3 46.7 70.4 Poor/fair water quality
Autumn 20 6 17.9 84.1 Good water quality
Winter 0 1.3 0.6 99.2 Excellent water quality
Spring 20 4 15.9 85.0 Good water quality

Water quality indices CCME–WQI

Excellent 91–100
Good 71–90
Poor/fair 51–70
Very poor/marginal 26–50
Unsuitable/poor 0–25

Monitoring borehole BH 1 showed a marginal or very poor quality in summer with
a score of 40, improving during the other seasons to a good state ranging from 86 to
90. Borehole BH 2 also highlighted some level of pollution during all seasons, with all
results falling within the very poor range over the whole monitoring period from 2017
to 2021. Furthermore, monitoring boreholes BH 3, BH 4, BH 5, and BH 8 showed good
to excellent results, with scores between 80 and 100, with no indication of contamination
that may be associated with the dominating mining activities at these points. However,
BH 9 was contaminated and very poor during the summer and autumn seasons, with an
improvement to a fair state in the winter and spring seasons.

The scope for F1 represented the number of variables whose objectives were not met,
ranging from 0% to 60% in all the groundwater monitoring points, as shown in Table 5.
The frequency (F2) of monitoring point BH 3 (0%) and BH 8 (0%) was low over all the
monitoring seasons for the period of five years, which indicated an excellent water quality
related to the guidelines. The highest amplitude (F3) was recorded in BH 1 during the
summer season at 97.2%, indicating very poor analyzed water quality.
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Table 5. CCME–WQI over four seasons for a period of five years (2017–2021) in Middelburg, South
Africa.

Monitoring Points Seasons F1 F2 F3 CCME–WQI WQI Ranking

BH 1

Summer 30 18 97.2 49.3 Very poor water quality
Autumn 20 10 10.9 85.6 Good water quality
Winter 10 10 10.6 89.8 Good water quality
Spring 10 10 10.8 89.7 Good water quality

BH 2

Summer 60 48 88.2 32.4 Very poor water quality
Autumn 60 44 87.3 33.7 Very poor water quality
Winter 60 40 82.9 36.5 Very poor water quality
Spring 60 44 84.7 34.8 Very poor water quality

BH 3

Summer 0 0 0 100 Excellent water quality
Autumn 0 2 1.9 98.3 Excellent water quality
Winter 0 0 0 100 Excellent water quality
Spring 0 0 0 100 Excellent water quality

BH 4

Summer 20 8 23.3 81.6 Good water quality
Autumn 20 8 10.6 86.1 Good water quality
Winter 10 4 31.8 80.5 Good water quality
Spring 10 2 0.6 94.1 Excellent water quality

BH 5

Summer 20 10 21.4 82.0 Good water quality
Autumn 20 8 13.9 85.1 Good water quality
Winter 10 4 2.3 93.6 Excellent water quality
Spring 60 10 8.6 64.5 Poor/fair water quality

BH 6

Summer 20 22 70.9 55.5 Poor/fair water quality
Autumn 20 14 35.6 75.0 Good water quality
Winter 10 30 43.5 68.9 Poor/fair water quality
Spring 60 18 19.6 62 Poor/fair water quality

BH 7

Summer 40 16 27.8 70.3 Poor/fair water quality
Autumn 20 16 53.7 65.5 Poor/fair water quality
Winter 20 14 48.1 68.8 Poor/fair water quality
Spring 30 16 27.3 74.8 Good water quality

BH 8

Summer 0 0 0 100 Excellent water quality
Autumn 0 0 0 100 Excellent water quality
Winter 0 0 0 100 Excellent water quality
Spring 0 0 0 100 Excellent water quality

BH 9

Summer 50 26 67.1 49.4 Very poor water quality
Autumn 50 28 90.8 37.9 Very poor water quality
Winter 40 24 68.0 52.3 Poor/fair water quality
Spring 50 26 54.4 54.7 Poor/fair water quality

Water quality indices CCME–WQI

Excellent 91–100
Good 71–90
Poor/fair 51–70
Very poor/marginal 26–50
Unsuitable/poor 0–25

3.3. Comprehensive Pollution Index

The surface water monitoring sites A, B, and C were very poor in the summer seasons,
indicating some improvement during the rest of the seasons and falling within the permis-
sible ranges of the CPI. All of monitoring site D’s readings were greater than the suitable
limit of 2.01, as shown in Table 6. However, all the findings at monitoring sites E, F, G, and
H were compliant with the CPI limits, highlighting a fair to good state of water quality.
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Table 6. Comprehensive pollution index and water quality index over four seasons for a period of
five years (2017–2021) in Middelburg, South Africa.

Sampling Points
Comprehensive Pollution Index

Summer Autumn Winter Spring

A 1.2
Very poor

1.0
Very poor

0.97
Poor

1.2
Very poor

B 1.1
Very poor

0.9
Fair

0.9
Fair

0.9
Fair

C 1.2
Very poor

0.5
Poor

0.3
Good

0.5
Poor

D 9.4
Very poor

2.2
Very poor

3.1
Very poor

2.8
Very poor

E 0.6
Fair

0.5
Fair

0.4
Good

0.7
Fair

F 0.8
Fair

0.5
Fair

0.4
Fair

0.5
Fair

G 0.8
Fair

0.4
Good

0.2
Excellent

0.8
Fair

H 1.2
Very poor

0.5
Poor

0.3
Good

0.5
Poor

BH 1 0.5
Fair

0.5
Fair

0.5
Fair

0.5
Fair

BH 2 8.2
Very poor

7.6
Very poor

5.4
Very poor

6.2
Very poor

BH 3 0.2
Excellent

0.3
Good

0.2
Excellent

0.2
Excellent

BH 4 0.5
Fair

0.3
Good

0.7
Fair

0.2
Excellent

BH 5 0.5
Fair

0.4
Good

0.3
Good

0.3
Good

BH 6 3.0
Very poor

0.9
Fair

1.3
Very poor

0.6
Fair

BH 7 0.7
Fair

1.6
Poor

1.3
Very poor

1.1
Very poor

BH 8 0.1
Excellent

0.1
Excellent

0.1
Excellent

0.1
Excellent

BH 9 3.5
Very poor

10.4
Very poor

2.6
Very poor

0.1
Excellent

Water quality indices CPI

Excellent <0.2
Good 0.21–0.40
Poor/fair 0.41–1.00
Very poor/marginal 1.01–2.0
Unsuitable/poor >2.01

All of groundwater site BH 1’s readings fell within the fair range over all seasons,
while BH 2 was very polluted, ranging from 5 to 8. Boreholes BH 3 to BH 5 had good to
excellent water quality. No impacts associated with coal mining could be identified in these
boreholes using the comprehensive pollution index. BH 6 experienced different levels, with
exceedances in the summer and winter seasons at 2.9 and 1.3, respectively. BH 9 was also
contaminated, exceeding the permissible limits in terms of the CPI.
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3.4. Comparison between the Two Indices

The CCME–WQI for surface water was found within the range of 36.2 to 100, showing
different water qualities at different monitoring sites. Most sites that were located closer to
coal mining activities in the study area showed poor to fair water quality scores, and those
further away indicated an excellent water quality score. Boreholes BH 2 and BH 9 were
contaminated, with low WQI scores between 32.4 to 54.7 in the different seasons. BH 8 had
an excellent water quality at 100% in all the monitoring seasons. Similar to CCME–WQI,
the CPI depicted some level of pollution in surface water monitoring points that exceeded
the limits. Points in close proximity of the study area, like site A, had very poor CPI.

3.4.1. Multivariate Statistical Analysis Results
Principal Component Analysis

The analyses were conducted on the z-scores scale, ensuring that transformed data
were normally distributed and that there were no non-normality issues hindering the
interpretation of findings. The three components accounted for 78.6% of the total variance.

The PCA plotting diagrams (Figures 14–24) isolate the components elements that are
pertinent in explaining the water quality variations at different sites. Panel-crossing this
information with the descriptive analysis performed earlier, the sources of contamination
at each site can be reasonably inferred, having on one side parameters whose roles are
significant in the resulting quality and on the other their measured levels at each site.

In the surface water monitoring site A, three major components are shown: Component
1’s group of elements included TDS (0.943), SO4 (0.623), EC (0.926), Mg (0.847), Na (0.808),
and Ca (0.845). Component 2 also indicated a remarkably high concentration of Mn and Al,
respectively. Component 3 also showed an increased concentration of Fe (0.852). According
to the PCA analysis and the locality of site A, the sources of contamination can be associated
with the mining industry and the natural sources of the soil (Figure 14).

Component plot in rotated space 

Figure 14. Principal component analysis—component plot for surface water monitoring at site A
from 2017 to 2021.

The extracted components accounted for 86.6% of the total variance. Monitoring site B
also had three components identified in the analyses in common with component 1, having
a group of elements that included TDS (0.984), Mg (0.970), Na (0.678), SO4 (0.976), EC
(0.957), and Ca (0.969). These variables can be associated with anthropogenic activities
occurring upstream of the sampling point. Component 2 had an increased level of Mn
(0.734). Component 3 had Al at 0.853 and Fe at 0.765. Considering the location of sampling
site B, the possibility of seepages from the notable mining activities could contribute to the
elevations analyzed (Figure 15).

156



Hydrology 2024, 11, 113

Component plot in rotated space 

Figure 15. Principal component analysis—component plot for surface water monitoring at site B
from 2017 to 2021.

The extracted components accounted for 33.27% of the total variance. At site C, four
components were identified, with a group of parameters including TDS, Ca, Mg, EC, SO4,
and Na, showing a strong correlation with the PCA. Component 2 showed the elements Fe
(0.846) and Al (0.778). Component 3 accounted for 11.77% of the total variance. The group
of elements identified included Mn and Al. For component 4, the group had pH accounts
that formed 11.5% of the total variance. These variables were already present in the soil;
however, they were elevated through anthropogenic activities such as mining (Figure 16).

Figure 16. Principal component analysis—component plot for surface water monitoring at site D
from 2017 to 2021.

There were two components that were extracted from site D, where component 1 had
a group of elements—TDS, SO4, Ca, Na, Mn, and EC—that showed a remarkably high
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concentration in the PCA. Component 2 explained a total variance of 10%. Mining activities
are assumed to have contributed to the water quality status at this site (Figure 17).

The extracted components accounted for 78.5% of the total variance. The group of
elements in the first component had a total variance of 60.8%, explained with a strong
and high mean concentration of TDS, SO4, Ca, Mg, Na, and EC in the PCA at site E. In
component 2, the elements Fe, Mn, and Al explained a total variance of 17.7%. The source
of these variables could be associated with anthropogenic activities, mainly coal mining
activities, and some are mostly found naturally occurring on the surface.

In monitoring site F, component 1 had high concentrations of SO4 (0.899), Ca (0.941),
Mg (0.936), and EC (0.960). Component 2 had a group of elements that included TDS
(0.835), Na (0.950), and Mn (0.686). Component 3 had concentrations primarily of Fe (0.905)
and Al (0.903). The dominance of these variables could be associated with mining and
industrial activities closer to the monitoring point.

The extracted components accounted for 80.3% of the total variance. In monitoring
site G, the first component explained 49.5% of the total variance and a high value of EC
(0.960), Ca (0.941), Mg (0.936), and SO4 (0.899) The second component had 16.8% of the
total variance, containing an elevated concentration of Na (0.950) and TDS (0.835). Fe and
Al had increased levels at 0.905 and 0.903. This explained 14% of the total variance. This
point indicates that anthropogenic activities like mining and industrialization could be
impacting the resources in the area (Figure 17).

Component plot in rotated space 

Figure 17. Principal component analysis—component plot for surface water monitoring at site G
from 2017 to 2021.

The extracted components accounted for 80.9% of the total variance. The component
of site H had high concentrations of TDS, EC, Na, Mg, and Ca, which accounted for a total
variance of 54.6%. Component 2 had Fe (0.897) and Al (0.771) with a total variance of 16.3%.
The third component had a total variance of 10%, with a high concentration of Mn and SO4
at 0.901 and 0.501, respectively (Figure 18).

The extracted components accounted for 86.6% of the total variance. The groundwater
monitoring site BH 1 showed that the first component consisted of increased concentrations
of SO4, EC, TDS, Ca, and Mg, accounting for a total variance of 58.9%. Component 2 had a
group of elements that included Fe, Mn, and Al, with 16.4% of the total variance. Compo-
nent 3 had a total variance of 11.3% with the level of pH (0.867) and the concentrations of
Na (0.684) and Al (0.510) (Figure 19).
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Component plot in rotated space 

Figure 18. Principal component analysis—component plot for surface water monitoring at site H
from 2017 to 2021.

Component plot in rotated space 

Figure 19. Principal component analysis—component plot for groundwater monitoring at site BH 1
from 2017 to 2021.

Borehole 2 only had two components from the PCA. Component 1 had a high concen-
tration of EC (0.973), Ca (980), TDS (0.46), and SO4 (942). The total variance explained was
65.6%. Component 2 had high metals with Mn (0.831), Al (0.733), and Fe (0.717), which
accounted for 17.5% of the total variance (Figure 20).

The extracted components accounted for 80.1% of the total variance. Two components
were determined in BH 3. The group of elements identified in this component included EC
(0.977), TDS (0.968), Mg (0.949), and Ca (0.937), accounting for 60.8% of the total variance.
Component 2 had elevated concentrations of metals such as Fe (0.933), Mn (0.841), and Al
(0.673), with a total variance of 19.3%.

The extracted components accounted for 78% of the total variance. The analysis at BH
4 resulted in three components, where component 1 had an increased concentration of Na
(0.923), TDS (0.899), and Mg (0.865), accounting for a total variance of 52.5%. Component 2
had a total variance of 13.5%, with high concentrations of Al, Fe, and SO4. Component 3 had
a dominance of Mn and Fe at 0.915 and 0.645, respectively, with 12% of the total variance.
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Figure 20. Principal component analysis—component plot for groundwater monitoring site BH 2
from 2017 to 2021.

Figure 21. Principal component analysis—component plot for groundwater monitoring at site BH 6
from 2017 to 2021.

The extracted components accounted for 82.4% of the total variance. In BH 5, the
group of elements that was found with high concentrations at the first components included
TDS, Mg, pH, EC, and SO4. Component 1 accounted for a total variance of 52.4%. The
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second component had a total variance of 17.1%, while component 3 had 12.9% of the
total variance.

The extracted components accounted for 81.8% of the total variance. Two components
were identified in this analysis at monitoring site BH 6. Component 1 had high concentra-
tions of Na, EC, pH, Mg, and TDS, with 68% of the total variance explained. Component 2
had a total variance of 13.8%, with an increase in Fe, Al, Ca, and SO4 (Figure 21).

The extracted components accounted for 66.6% of the total variance. Borehole 7
consisted of a group of elements that included TDS (0.945), EC (0.940), and Na (0.819),
which explained a total variance of 39%. Component 2 had 16.6% of the total variance, with
a dominance of pH, Ca, and Mg. The third component had high Al, Fe, and Mn, which
accounted for 11% of the total variance (Figure 22).

Component plot in rotated space 

Figure 22. Principal component analysis—component plot for groundwater monitoring at site BH 7
from 2017 to 2021.

Component plot in rotated space 

Figure 23. Principal component analysis—component plot for groundwater monitoring at site BH 8
from 2017 to 2021.

The extracted components accounted for 83.9% of the total variance. In BH 8, com-
ponent 1 had a group of elements that contributed elevated TDS (0.989), Ca (0.983), EC
(0.959), and Mg (0.976), with a total variance of 56%. Component 2 had an explained total
variance of 16%. Component 3 only had Al (0.833) and Fe (0.760), with high concentrations
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at a total variance of 11.9%. The source of contamination at this point could be associated
with natural sources such as the soils or the stratigraphical units (Figure 23).

 

Figure 24. Predicted sulfate values in model 1 for both surface water and groundwater monitoring
sites from 2017 to 2021.

Monitoring siteFihu BH 9 only had two components from the PCA. Component 1 had
increased concentrations of TDS (0.982), SO4 (0.982), Ca (0.984), Mn (0.982), Na (0.942), and
Mg (0.945), explaining a total variance of 76%. The second component had high levels of
pH (0.835) and Al (0.691), accounting for a total variance of 11.5%.

Linear Regression Analysis

The data were classified by the four seasons, where the average concentrations were
calculated for each of the surface water and groundwater sampling points and each of
the water chemical parameters. Four candidate regression models were fitted using the
sulfate concentration as the dependent variable and the others as independent variables.
The model was developed to assess the SO4 ration against the dependent variables.

In model 1, the p-values of EC, Ca, and Fe were smaller than 0.05, indicating an
effective model and presenting a good fit (Figure 24). The R2 of 0.615 in the model shows
that the dependent variables explained the variability of SO4 as an independent variable,
showing a strong correlation.

SO4 = 53.12487 − 4.81874 Ph − 6.65227 Ec + 0.587389 TDS + 11.77652 Ca
−1.93564 Mg − 2.77687 Na − 166.58β7 Al + 13.40986 Fe
−27.9553 Mn

(13)

The R2 value of the second model indicates that the water parameters pH, EC, TDS,
Ca, Mg, Na, Al, Fe, and Mn explained 0.6153 of the variability of SO4. The greater R2

value indicated the strong relationship between the independent and dependent variables.
The p-values of EC, Ca, Al, Fe, and Mn were below 0.05. The best fit of the model is
presented below.

SO4 = 2.206989808 Ph − 6.42775334 Ec + 0.621488677 TDS
+11.81236424 Ca + 2.483595419 Mg + 3.021507737 Na
+170.3619 Al + 13.15460242 Fe + 25.64761114 Mn

(14)
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Of the five variables of the model, only the last one was not significant. The R2 value
was at 0.6153, showing EC, Ca, Al, Fe, and Mn as a strong fit for the model. The p-values
less than 0.05 also confirmed the good fit of the model. The presentation of the model is
indicated in Equation (15) and Figure 25.

SO4 = −22.2575 − 5.74723 EC + 14.19187Ca − 199.464 Al + 17.56244 Fe − 18.3914 Mn (15)

 

Figure 25. Predicted sulfate values in model 3 for both surface water and groundwater monitoring
sites from 2017 to 2021.

In model 4 of the analysis, a strong correlation was determined, showing a good fit
with an R2 of 0.6153. (Figure 26). The R2 in the model showed that dependent variables
explained the 99% variability of the independent variable, indicating a strong correlation
with the dependent variables. The p-values of EC, Ca, Al, Fe, and Mn were all below 0.05.
The best fit of the model is presented below.

SO4 = −7.39536 EC + 15.98919Ca − 231.237 Al + 20.5739 Fe−23.9072 Mn (16)

 

Figure 26. Predicted sulfate values in model 4 for both surface water and groundwater monitoring
sites from 2017 to 2021.
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4. Discussion

The current study was effective in determining if indeed anthropogenic activities such
as coal mining do have an impact on water resources by using different WQIs. The use of
the CCME–WQI and CPI has been utilized by developed countries with extensive mining
activities, such as the United States, Spain, and China. In Spain, the continuous impacts
of mining were determined in the Tinto River [5]. Using these indices, the China Coal
Industry Association showed levels of poor water quality as a result of closed mines [6].
Oberholster et al. [15] indicated a higher concentration of Cl in the Loskop Dam greater
than what the South African, Canadian, Australian, and New Zealand guidelines suggest.

In the present study, a full analysis of the water quality data was conducted to deter-
mine the extent to which the study area has been impacted by the coal mining activities
in its vicinity. The water quality displayed high levels of the analyzed parameters, which
are associated with mining and related activities, which are widespread in the proximity
of the town of Middelburg. The analyses of metals and physicochemical parameters that
were conducted using the WQIs indicated an in-depth understanding of the impact of coal
mining and related activities. The study indicated that some water quality parameters from
the used data collected from the year 2017 to 2021 indeed exceeded the limits from the
RQO [36], TWQR [37,38], CMME [39], and ANZECC/ARMCANZ [40] guidelines.

The water quality status of monitoring sites A and B showed some pollution from
mainly SO4, total dissolved solids, and electrical conductivity. Groundwater monitoring
boreholes BH 1, BH 2, BH 6, BH 7, and BH 9 were the most contaminated when compared
with the WHO guidelines [42].

The use of the selected and combined indices (CCME–WQI and CPI) was a success in
determining the water quality status of both the surface water and groundwater resources,
confirming the presence of pollution from anthropogenic activities such as coal mining.
The outcome of the current study can be related to the study by Hamlat et al. [47], who
applied different WQIs in assessing the water quality in the Tafna catchment in Algeria.
Their study aimed at determining the status and trends of the water quality in the Tafna
catchment, although this was not limited to the impacts of coal mining.

The use of these indices has provided evidence that mining activities have an impact
on water resources. The CCME–WQI of the surface monitoring points A and B ranged from
63 to 64 points, respectively, and were found within the poor to fair range in the summer
season. The CPI for both points was between 1.1 and 1.2, which lies within the very poor
range. These two points were notably in the vicinity of mining sites. The sampling points
that were situated at a distance from the coal mining activities, such as sites E, F, G and H,
had CCME–WQI scores ranging from 86 to 100 in the winter, indicating a good to excellent
water quality. The CPI was between 0.2 and 0.4, found within the limits for good status.
Boreholes BH 1, BH 2, and BH 6 experienced a poor CCME–WQI over all the seasons.
The CPI also indicated poor qualities. The application of different WQIs was effective in
determining the impacts of anthropogenic activities in the study area.

The CCME–WQI and CPI have provided reliable results of the degree of contamination
by mining and related activities [14]. A study conducted by Atangana et al. [28] obtained
similar results when applying CCME and CPI to assessment the surface water quality
in the Vaalwaterspruit, a stream in Mpumalanga, South Africa. Good and fair results
for the CCME–WQI and CPI best categorized the water quality, which deteriorated more
in the downstream area due to nutrients (fluoride), trace metals (Al, Fe, and Mn), and
particulate matter caused by mining activities in the area during the four-year (2017–2021)
study period.

In the absence of similar studies within the catchment, the study conducted at the
uMngeni River in South Africa, using the CCME–WQI, indicated that the index is critical
in identifying influential parameters affecting water quality in water resources. The use of
the CCME–WQI effectively simplified the complex dataset to be easier to understand. It is
mostly used because it is an easy application to use, and it offers flexibility in selecting the
variables to analyze in the model [22]. The CPI technique is essential for scientific reflection
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of the kinds and levels of pollution in water systems. The use of a combination of these
indices can be applied in South Africa and the continent at large to predict water quality
impacts from coal mining activities and manage it on catchment levels.

Application of the PCA statistical analysis using the SPSS software identified the dom-
inance of parameters such as TDS, SO4, Mg, EC, and Ca in most of the surface water points.
These findings showed consistency in interpretation, similar to the analyses undertaken by
Atangana et al. [28], indicating that some of the variables are sourced from anthropogenic
activities such as mining. These chemical parameters are naturally occurring on the ground,
with a strong correlation when exposed through anthropogenic activities. Point D also
showed an increase in SO4, TDS, Ca, Na, Mn, and EC, accounting for a total variance of
80.2%. In groundwater, BH 1, BH 2, and BH 3 showed a total variance ranging between
59% and 61%, indicating a strong correlation.

The analyses from the linear regression were used for the water quality variables that
were found to have significant high levels in the models. The regression analyses carried
out for the water quality parameters indicated a better and higher level of significance in
the correlation coefficients. From the analyses, it was evident that the analyses parameters
significantly correlated with the sulfates in all models, with all R2 at 0.9.

5. Conclusions and Recommendations

The present study provided an overview of the current state of water quality and
showed that anthropogenic activities such as coal mining and related activities impacted
the water resources in the Middelburg area during the years 2017–2021. The study used
historical water quality data for a period of five years, and the data were analyzed using
WQIs such as CCME–WQI and CPI and multivariate statistics. Water quality results
indicated elevated concentrations of the chemical parameters, contamination that can be
associated with coal mining and related activities through the high concentration of TDS,
SO4, and EC in both surface and groundwater samples.

The two indices applied in the study were found to generate fair results in evaluating
the water quality status of the surface and groundwater and could be considered by the
water utility manager in assessing the water quality status of water resources impacted
by acid mine drainage. The CCME–WQI index results showed surface water quality of
fair to excellent quality throughout all seasons, with groundwater showing some level
of contamination in some boreholes. The CPI result also indicated some improvement at
some of the surface water points and also picked up pollution in some of the monitoring
boreholes, mostly during the summer and winter seasons. Addressing the sampling area
pollution point sources by the use of multivariate analysis, PCA identified contamination in
both surface water and groundwater that could be associated with the mining industry, with
some natural occurrences in some of the chemical parameters. The linear regression analysis
also identified the dominance of SO4 in most of the sampling points, which could also be
linked to mining activities. In view of the above, the combination of the above indices
suggested that there was contamination in water quality, showing increased concentrations
of the analyzed chemical parameters. Using both indices can effectively predict water
quality pollution by coal mines. The indices can be included in the water quality monitoring
programs to supplement water quality data by simplifying large datasets.

It is recommended to enforce an extensive monitoring program on water resources
and compare them against the guidelines of the Department of Water and Sanitation
(previously Department of Water Affairs and Forestry), together with the guidelines for the
indices. Mining companies must improve in the application of their water management
systems and regularly monitor their effectiveness. It is also important that the government
improve the implementation of the environmental legislations. Various treatment options
are available to deal with the contamination arising from mining activities if managing
their activities is not productive. A passive treatment system associated with constructed
wetlands may pose real solutions for addressing pollution arising from abandoned mines
and small-scale mines.

165



Hydrology 2024, 11, 113

Author Contributions: Conceptualization, M.M.; methodology, M.M., E.A. and P.O.; software, M.M.
and E.A.; validation, M.M., E.A. and P.O.; formal analysis, M.M.; investigation, M.M.; resources,
M.M.; data curation, M.M.; writing—original draft preparation, M.M.; writing—review and editing,
M.M., E.A. and P.O.; visualization, M.M.; supervision, P.O. and E.A.; project administration, M.M.,
P.O. and E.A.; funding acquisition, M.M. All authors have read and agreed to the published version
of the manuscript.

Funding: We would like to thank Prof. Paul Oberholster and the Research Department at the
University of the Free State for funding this study.

Data Availability Statement: For the research project, ethical consideration was required since using
existing water quality monitoring data poses ethical concerns and duties that must be complied with;
therefore, the data are unavailable due to privacy and ethical restrictions.

Acknowledgments: I would like to express my deepest appreciation to my supervisors, Paul Ober-
holster and Ernestine Atangana, for their tremendous mentorship. I could not have done this work
alone. I would like to thank you for your encouragement; your advice throughout my research have
been amazingly special. You were by far the best supervisors. I would like to acknowledge my
former employer, Geovicon Environmental (Pty) Ltd., for granting me the permission to use their
existing water quality data to carry out my research work. To my former colleagues at Geovicon,
thank you so much for always believing in me and inspiring me to work harder. Above all, a special
acknowledgement to my son, his mother, and my family. Thank you for the support, endless love, and
encouragement. This would have never been possible without you. Your patience and understanding
when I was always busy with my academic work gave me the strength I needed to pull through.

Conflicts of Interest: The authors declare no conflicts of interest.

Ethical Approval: The authors listed in the manuscripts have granted their agreement to be listed as
co-authors, have reviewed and approved the work, and have given their approval for submission
and publishing.

References

1. Eberhard, A. The Future of South African Coal: Market, Investment, and Policy Challenges; Working Paper 100; Program on Energy
and Sustainable Development; Freeman Spogli Institute for International Studies; Stanford University: Stanford, CA, USA, 2011.
Available online: https://fsi9-prod.s3.us-west-1.amazonaws.com/s3fs-public/WP_100_Eberhard_Future_of_South_African_
Coal.pdf (accessed on 22 July 2024).

2. Makgae, M. The Status and Implications of the AMD Legacy Facing South Africa. In Proceedings of the International Mine
Water Association Annual Conference, Bunbury, Australia, 29 September–4 October 2012; pp. 327–334. Available online:
http://mwen.info/docs/imwa_2012/IMWA2012_Makgae_327.pdf (accessed on 22 July 2024).

3. Oelofse, S.H.H.; Hobbs, P.J.; Rascher, J.; Cobbing, J.E. The Pollution and Destruction Threat of Gold Mining Waste on the
Witwatersrand—A West Rand Case Study. In Proceedings of the 10th International Symposium on Environmental Issues and
Waste Management in Energy and Mineral Production (SWEMP 2007), Bangkok, Thailand, 11–13 December 2007; pp. 617–627.
Available online: https://www.anthonyturton.com/assets/my_documents/my_files/983_SWEMP.pdf (accessed on 22 July 2024).

4. Romer, C.D. What ended the great depression? J. Econ. Hist. 1992, 52, 757–784. Available online: https://www.jstor.org/stable/
2123226 (accessed on 22 July 2024). [CrossRef]

5. Grande, J.A.; Borrego, J.; Morales, J.A.; De la Torre, M.L. A description of how metal pollution occurs in the Tinto–Odiel rias
(Huelva–Spain) through the application of cluster analysis. Mar. Pollut. Bull. 2003, 46, 475–480. [CrossRef]

6. Shang, Y.; Qi, P. Study on environmental negative effect and control of waste coal mine. Coal Eng. 2018, 50, 147–150. (In Chinese)
7. Ashton, P.J.; Harwick, D.; Breen, C.M. Changes in water availability and demand within South Africa’s shared river basins as

determinants of regional social ecological resilience. In Exploring Sustainability Science: A South African Perspective; Burns, M.J.,
Weaver, A., Clark, W., Kates, R., Eds.; African Sun Media: Stellenbosch, South Africa, 2008; pp. 279–310.

8. Oberholster, P.J.; Botha, A.-M.; Cloete, T.E. Biological and chemical evaluation of sewage water pollution in the Rietvlei nature
reserve wetland area, South Africa. Environ. Pollut. 2008, 156, 184–192. [CrossRef]

9. Quibell, G.; Van Vliet, H.; Van der Merwe, W. Characterizing cause-and effect relationships in support of catchment water quality
management. Water SA 1997, 23, 193–199. Available online: https://www.wrc.org.za/wp-content/uploads/mdocs/WaterSA_19
97_03_1021.PDF (accessed on 22 July 2024).

10. Uddin, M.G.; Nash, S.; Olbert, A.I. A review of water quality index models and their use for assessing surface water quality. Ecol.
Indic. 2021, 122, 107218. [CrossRef]

11. Kachroud, M.; Trolard, F.; Kefi, M.; Jebari, S.; Bourrié, G. Water quality indices: Challenges and application limits in the literature.
Water 2019, 11, 361. [CrossRef]

166



Hydrology 2024, 11, 113

12. Tirkey, P.; Bhattacharya, T.; Chakraborty, S. Water quality indices: Important tools for water quality assessment: A review. Int. J.
Adv. Chem. 2013, 1, 15–28. Available online: https://airccse.com/ijac/papers/1115ijac02.pdf (accessed on 22 July 2024).

13. Son, C.T.; Giang, N.T.H.; Thao, T.P.; Nui, N.H.; Lam, N.T.; Cong, V.H. Assessment of Cau River water quality assessment using a
combination of water quality and pollution indices. J. Water Supply Res. Technol.—AQUA 2020, 69, 160–172. [CrossRef]

14. Finotti, A.R.; Finkler, R.; Susin, N.; Schneider, V.E. Use of water quality index as a tool for urban water resources management.
Int. J. Sustain. Dev. 2015, 10, 781–794. [CrossRef]

15. Oberholster, P.F.; Goldin, J.; Xu, Y.; Kanyerere, T.; Oberholster, P.J.; Botha, A.-M. Assessing the adverse effects of a mixture of
AMD and sewage effluent on a sub-tropical dam situated in a nature conservation area using a modified pollution index. Int. J.
Environ. Res. 2021, 15, 321–333. [CrossRef]

16. Tang, T.; Zhai, Y.; Huang, K. Water Quality Analysis and Recommendations through Comprehensive Pollution Index Method. J.
Manag. Sci. Eng. 2011, 5, 95–100. [CrossRef]

17. Matta, G.; Kumar, A.; Uniyal, D.P.; Singh, P.; Kumar, A.; Dhingra, G.K.; Kumar, A.; Naik, P.K.; Shrivastva, N.G. Temporal
assessment using WQI of River Henwal, a tributary of river Ganga in Himalayan region. Int. J. Env. Rehab. Conserv. 2017, VIII,
187–204. Available online: https://essence-journal.com/wp-content/uploads/Volume_VIII/Issue_1/Temporal-assessment-
using-WQI-of-River-Henwal-a-Tributary-of-River-Ganga-in-Himalayan-Region.pdf (accessed on 22 July 2024).

18. Mishra, S.; Sharma, M.P.; Kumar, A. Assessment of surface water quality in Surha Lake using pollution index, India. J. Matr.
Environ. Sci. 2016, 7, 713–719. Available online: https://jmaterenvironsci.com/Document/vol7/vol7_N3/84-JMES-1858-2015-
Mishra.pdf (accessed on 22 July 2024).

19. Lumb, A.; Halliwell, D.; Sharma, T. Application of CCME water quality index to monitor water quality: A case of the Mackenzie
River Basin, Canada. Environ. Monit. Assess. 2006, 113, 411–429. [CrossRef] [PubMed]

20. Espejo, L.; Kretschmer, N.; Oyarzún, J.; Meza, F.; Núñez, J.; Maturana, H.; Soto, G.; Oyarzo, P.; Garrido, M.; Suckel, F.; et al.
Application of water quality indices and analysis of the surface water quality monitoring network in semiarid North-Central
Chile. Environ. Monit. Assess. 2012, 184, 5571–5588. [CrossRef] [PubMed]

21. Islam, M.M.; Karim, R.; Zheng, X.; Li, X. Heavy metal and metalloid pollution of soil, water and foods in Bangladesh: A critical
review. Int. J. Environ. Res. Public Health 2018, 15, 2825. [CrossRef] [PubMed]

22. Uddin, M.G.; Moniruzzaman, M.; Khan, M. Evaluation of groundwater quality using CCME water quality index in the Rooppur
nuclear power plant area, Ishwardi, Pabna, Bangladesh. Am. J. Environ. Prot. 2017, 5, 33–43. [CrossRef]

23. Karim, M.; Das, S.K.; Paul, S.C.; Islam, M.F.; Hossain, S. Water quality assessment of Karrnaphuli River, Bangladesh using
multivariate analysis and pollution indices. AJEE 2018, 7, 1–11. [CrossRef]

24. McCarthy, T.S. The impact of acid mine drainage in South Africa. S. Afr. J. Sci. 2011, 107, 1–7. [CrossRef]
25. Department of Water Affairs and Forestry. Olifants Water Management Area: Internal Strategic Perspective; Report P WMA

04/0000/00/0304; Department of Water Affairs and Forestry: Pretoria, South Africa, 2004. Available online: https://www.dws.
gov.za/Documents/Other/WMA/Olifants_ISP.pdf (accessed on 22 July 2024).

26. Adler, R.; Rascher, J. A Strategy for the Management of Acid Mine Drainage from Gold Mines in Gauteng; Report no.
CSIR/NRE/PW/ER/2007/0053/C; Council for Scientific and Industrial Research: Pretoria, South Africa, 2007.

27. Pulles, W.; Banister, S.; Van Biljon, M. The Development of Appropriate Procedures towards and after Closure of Underground Gold Mines
from a Water Management Perspective; Report 1215/1/05; Water Research Commission: Pretoria, South Africa, 2005; Available
online: https://www.wrc.org.za/wp-content/uploads/mdocs/1215-1-051.pdf (accessed on 22 July 2024).

28. Atangana, E. An indices-based water quality model to evaluate surface water quality: A case study in Vaalwaterspruit,
Mpumalanga, South Africa. J. Afr. Earth Sci. 2023, 205, 105001. [CrossRef]

29. Midgley, D.C.; Pitman, W.V.; Middleton, B.J. Surface Water Resources of South Africa; WRC Report No 298/1.1/94; Water Research
Commission: Pretoria, South Africa, 1990; Volume 1.

30. Cairncross, B.; McCarthy, T.S. A geological investigation of Klippan in Mpumalanga province, South Africa. S. Afr. J. Geol. 2008,
111, 421–428. [CrossRef]

31. Wilson, M.G.C.; Anhaeusser, C.R. The Mineral Resources of South Africa, 6th ed.; Handbook 16; Council for Geoscience: Pretoria,
South Africa, 1998.

32. Visser, J.N.J. The permo-carboniferous Dwyka Formation of Southern Africa: Deposition by a predominantly subpolar marine ice
sheet. Palaeogeogr. Palaeoclimatol. Palaeoecol. 1989, 70, 377–391. [CrossRef]

33. Department of Water and Sanitation, South Africa. National Water Act, 1998 (Act No. 36 of 1998): Classes and 25 Resource Quality
Objectives of Water Resources for the Olifants Catchment; Government Gazette No. 466; Department of Water and Sanitation,
South Africa: Pretoria, South Africa, 2016. Available online: https://www.gov.za/sites/default/files/gcis_document/201604/3
9943gon466.pdf (accessed on 22 July 2024).

34. Heaton, J. Secondary analysis of qualitative data: An overview. Hist. Soc. Res. 2008, 33, 33–45. Available online: https:
//www.jstor.org/stable/20762299 (accessed on 22 July 2024).

35. Smith, E. Pitfalls and Promises: The Use of Secondary Data Analysis in Educational Research; McGraw-Hill Education: New York, NY,
USA, 2008.

36. Department of Water Affairs and Forestry. Best Practice Guideline G3: Water Monitoring Systems; Department of Water Af-
fairs and Forestry: Pretoria, South Africa, 2006. Available online: https://www.mineralscouncil.org.za/work/environment/
environmental-resources/send/26-environmental-resources/358-g3-water-monitoring-systems (accessed on 22 July 2024).

167



Hydrology 2024, 11, 113

37. Department of Water Affairs and Forestry. South African Water Quality Guidelines. Volume 5: Agricultural use: Livestock Watering,
2nd ed.; Department of Water Affairs and Forestry: Pretoria, South Africa, 1996. Available online: https://www.dws.gov.za/
iwqs/wq_guide/edited/Pol_saWQguideFRESH_vol5_Livestockwatering.pdf (accessed on 1 June 2023).

38. Department of Water Affairs and Forestry. South African Water Quality Guidelines. Volume 7: Aquatic Ecosystems, 2nd ed.;
Department of Water Affairs and Forestry: Pretoria, South Africa, 1996. Available online: https://www.dws.gov.za/iwqs/wq_
guide/edited/Pol_saWQguideFRESH_vol7_Aquaticecosystems.pdf (accessed on 1 June 2023).

39. Canadian Council of Ministers of the Environment. Canadian water quality guidelines for the protection of aquatic life. In
Canadian Environmental Quality Guidelines; Canadian Council of Ministers of the Environment: Winnipeg, MB, Canada, 2012;
Available online: https://ccme.ca/en/resources/water-aquatic-life (accessed on 15 September 2023).

40. Australian and New Zealand Environment and Conservation Council and Agriculture and Resource Management Council of
Australia and New Zealand. National water quality management strategy: Paper No. 4. In Australian and New Zealand Guidelines
for Fresh and Marine Water Quality. Vol. 1: The Guidelines; Australian Water Association: Canberra, Australia, 2000. Available
online: https://www.waterquality.gov.au/sites/default/files/documents/anzecc-armcanz-2000-guidelines-vol1.pdf (accessed
on 22 July 2024).

41. QGIS Geographic Information System. Open Source Geospatial Foundation Project. 2021. Available online: http://qgis.org
(accessed on 22 July 2024).

42. World Health Organization. Guidelines for Drinking-Water Quality: Fourth Edition Incorporating the First Addendum, 4th ed.;
World Health Organization: Geneva, Switzerland, 2017; License: CC BY-NC-SA 3.0 IGO. Available online: https://iris.who.int/
bitstream/handle/10665/254637/9789241549950-eng.pdf?sequence=1 (accessed on 18 September 2023).

43. Carroll, S.P.; Dawes, L.A.; Goonetilleke, A.; Hargreaves, M. Water Quality Profile of an Urbanising Catchment—Ningi Creek Catchment;
Technical Report; School of Urban Development, Queensland University of Technology: Brisbane, Australia, 2006; (Unpublished).
Available online: https://eprints.qut.edu.au/4198/1/4198.pdf (accessed on 22 July 2024).

44. Ramakrishnaiah, C.R.; Sadashivaiah, C.; Ranganna, G. Assessment of water quality index for the groundwater in Tumkur Taluk,
Karnataka State, India. J. Chem. 2009, 6, 757424. [CrossRef]

45. Ding, J.; Jiang, Y.; Liu, Q.; Hou, Z.; Liao, J.; Fu, L.; Peng, Q. Influences of the land use pattern on water quality in low-order
streams of the Dongjiang River basin, China: A multi-scale analysis. Sci. Total Environ. 2016, 551–552, 205–216. Available online:
https://daneshyari.com/article/preview/6323131.pdf (accessed on 22 July 2024). [CrossRef]

46. Bhatnagar, A.; Devi, P. Applications of correlation and regression analysis in assessing lentic water quality: A case study at
Brahmsarovar Kurukshetra, India. Int. J. Environ. Sci. 2012, 3, 813–820. [CrossRef]

47. Hamlat, A.; Guidoum, A.; Koulala, I. Status and trends of water quality in the Tafna catchment: A comparative study using water
quality indices. J. Wat. Reuse Desal. 2017, 7, 228–245. [CrossRef]

Disclaimer/Publisher’s Note: The statements, opinions and data contained in all publications are solely those of the individual
author(s) and contributor(s) and not of MDPI and/or the editor(s). MDPI and/or the editor(s) disclaim responsibility for any injury to
people or property resulting from any ideas, methods, instructions or products referred to in the content.

168



Citation: Li, K.; Yang, Q.; Li, X. An

Analysis of the Spatiotemporal

Variability of Key Water Quality

Parameters in China. Hydrology 2024,

11, 135. https://doi.org/10.3390/

hydrology11090135

Academic Editors: Meysam Vadiati

and Dingjiang Chen

Received: 29 June 2024

Revised: 27 July 2024

Accepted: 21 August 2024

Published: 26 August 2024

Copyright: © 2024 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

hydrology

Article

An Analysis of the Spatiotemporal Variability of Key Water
Quality Parameters in China

Kexin Li 1, Qichun Yang 1,2,* and Xia Li 3

1 Thrust of Earth, Ocean and Atmospheric Sciences, The Hong Kong University of Science and
Technology (Guangzhou), Guangzhou 511453, China; kli373@connect.hkust-gz.edu.cn

2 Center for Ocean Research in Hong Kong and Macau, Department of Ocean Science, Hong Kong University
of Science and Technology, Hong Kong 999077, China

3 Research and Development Center for Watershed Environmental Eco-Engineering, Beijing Normal University,
Zhuhai 519087, China; lixiabnu@bnu.edu.cn

* Correspondence: qichunyang@hkust-gz.edu.cn; Tel.: +86-13543061953

Abstract: Intensifying anthropogenic disturbances have caused water pollution in China in recent
decades. China has a vast territory with diverse climate conditions, land use types, and human
activities, leading to significant water quality variability. However, few studies have investigated
nationwide spatiotemporal patterns of key water quality parameters. In this study, we analyze
monthly water quality observations from 3647 gauge stations to understand how water quality
changes over time and space in China. We group the stations by water resource regions and adopt
Python and SPSS to analyze the spatiotemporal variability and intercorrelations of eight water quality
parameters. Results indicate that the concentrations of biochemical oxygen demand of 5 days (BOD5),
chemical oxygen demand (COD), dissolved oxygen (DO), ammonia nitrogen (NH3-N), total nitrogen
(TN), and total phosphorus (TP) show similar spatial patterns, with higher concentrations in the
northern parts than the southern regions of China. The concentrations of COD and TP are higher
in the rainy season than in the dry season, while DO, NH3-N, and TN show the opposite seasonal
patterns. Strong positive correlations were found between BOD and COD, NH3-N and TP. The annual
cumulative distribution figures demonstrate that all parameters showed slightly lower concentrations
in 2022 and 2023 than in 2021, except for DO and TN. The TN/TP ratios across different water resource
regions in China are significantly higher than 16, indicating that phosphorus is the limiting factor of
eutrophication. This investigation provides a comprehensive understanding of the spatiotemporal
variability of water quality parameters across China. The results of this study are highly valuable
for investigating mechanisms regulating water quality across large spatial scales, thus providing
valuable implications for improving water quality and mitigating water pollution.

Keywords: water pollution; nutrient export; eutrophication; heavy metal; spatiotemporal variability;
water quality management

1. Introduction

Water pollution has been a critical environmental problem that is increasingly concern-
ing due to intensifying anthropogenic disturbances [1,2]. According to China’s 2023 Surface
Water Environmental Quality Report (https://www.mee.gov.cn/hjzl/shj/, accessed on
5 June 2024) and China’s Surface Water Environmental Quality Standard (GB3838-2002)
(https://www.mee.gov.cn/ywgz/fgbz/bz/, accessed on 13 May 2024), 10.6% of streams
across the country cannot reach the Class III water quality condition, 1.5% of streams are
categorized as Class V, while 0.7% of the streams have water quality conditions that are
worse than Class V.

Intensifying human activities are the primary reason for water pollution. Anthro-
pogenic disturbances, such as deforestation and the expansion of agricultural and urban
areas, contribute to water quality degradation. Pollutants produced by human activities
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mentioned above are often insufficiently treated, and then transported to rivers and lakes
through runoff, resulting in water pollution [3]. According to the 2022 Ecological Environ-
ment Statistical Annual Report of China (https://www.mee.gov.cn/hjzl/sthjzk/, accessed
on 5 June 2024), agricultural and domestic sewage discharge were identified as two primary
pollutant sources for chemical oxygen demand (COD), ammonia nitrogen (NH3-N), total
nitrogen (TN), and total phosphorus (TP) in the surface waters of China.

Excessive nutrients transported to rivers cause a series of environmental problems.
Sewage water and agricultural runoff containing large amounts of nutrients are the primary
reasons for the boom of phytoplankton [4,5], which leads to decreases in the concentration
of dissolved oxygen (DO) and increases in the biochemical oxygen demand of 5 days (BOD5)
and COD. During algae bloom, toxic substances produced by algae and the decrease in DO
can kill many organisms, accelerating eutrophication and the deterioration of water quality.
Degraded water quality affects drinking water supply, aquaculture, and recreation [6]. For
example, in 2014, excessive nitrogen and phosphorus caused an algae bloom in Lake Erie
in the United States, resulting in a shutdown of water supplies to 500,000 residents over
the past several decades [7]. In China, the cyanobacteria pollution incident in Lake Taihu
in 2007 caused drinking water pollution, resulting in a serious water supply shortage for
millions of residents in Wuxi City for nearly a week [8].

In addition to nutrients, heavy metals are another group of pollutants causing envi-
ronmental problems. Watersheds with excessive heavy metals, such as Hg [9], Cd [10], and
Cr [11], are not suitable for drinking water supply or water withdrawal for crop irrigation.
Agricultural and industrial sewage have been identified as the primary sources of heavy
metal pollution in rivers, especially in the Yellow River Basin and Northeast China [12].
Although lots of resources have been invested to control water pollution, it remains a
problem across many parts of China.

China has a vast territory with various climate zones and population densities, re-
sulting in substantial variability of water quality parameters over time and space. These
parameters demonstrate strong seasonal variations due to changes in climate conditions
and human activities over time [13]. Water quality also varies with the types of land
use. For example, the concentrations of nutrients show a negative correlation with forest
coverage and a positive correlation with the area of agricultural and urban land [14]. Wa-
ter quality demonstrated close correlations with the drainage area properties, including
reservoir densities, agricultural land areas, and rainfall, across the upper, middle, and
downstream regions of the Yangtze River Basin [15]. Climate change also increases the
risks of water pollution. For example, decreases in runoff due to drought can result in
increases in nutrient concentrations, favoring the growth of algae and plankton [16].

Over the past four decades, since the reform and opening up, water bodies in China
have experienced increasingly intensive anthropogenic disturbances. At the same time,
the implementation of ecological protection policies has improved aquatic environment
conditions at the local scale, mitigating the adverse impacts of the disturbances on water
quality [17]. How these counteracting activities have jointly affected water quality remains
unclear. As a result, an analysis of the spatiotemporal variability of water quality will
provide valuable implications for balancing economic development and environmental
protection [17,18].

Analyzing the spatial and temporal dynamics of water quality parameters [19,20]
and their relationships with watershed properties [14] is needed to support water qual-
ity management [21]. Statistical analyses were adopted to analyze the characteristics of
water quality [18,22], and to infer the driving forces of aquatic nutrients [17], as well as
the relationships between human activities and water pollution [23]. For example, the
Mann–Kendall trend analysis [24] and time-series decomposition methods were applied to
investigate long-term trends and the seasonal variability of water quality [25]. Machine
learning models were recently applied to estimate the spatial and temporal changes in
nutrient concentrations [26–28]. Temporal trends of different land use types were also
explored, to identify critical pollution sources.
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However, previous investigations are limited by the lack of long-term nationwide mon-
itoring data [17]. Existing analyses have mainly focused on one or a few watersheds [29–32],
while only a few studies have paid attention to large spatial scales [33]. At the same time,
the number of gauge stations and water quality parameters used in these studies is often
small [32], and the water quality data used in some studies are relatively short [34]. For
example, based on water quality observations in 2014 from 763 gauge stations, Wang et al.
identified water pollution hotspots in North China [29]. Dou et al. analyzed water quality
changes in the Huaihe River based on 78 gauge stations and identified the important
impacts of river discharge and temperature on water quality [30]. Li et al. explored the
spatiotemporal variability of TN, TP, COD, and NH3-N in Honghu Lake and highlighted
the contribution of anthropogenic activities to water pollution [31]. Wu et al. investigated
the water quality of the Pearl River Basin based on observations from 16 gauge stations, and
suggested that regionalized management activities could help improve water quality [32].
Using data collected from 145 gauge stations, Zhou et al. [35] analyzed the impacts of
population and economic development on water quality across China.

Long-term monitoring at a large spatial scale can provide a more comprehensive
analysis of water quality conditions and the long-term impact of human activities on water
quality [36,37]. In addition, existing studies in China mainly use comprehensive water
quality indicators, such as the water quality index (WQI) and water pollution index (WPI),
to evaluate the overall water quality of one or a few watersheds [38–41]. However, the
spatiotemporal variability of individual water quality parameters has not been sufficiently
investigated, limiting the applications of findings from these investigations to support
water quality management. In addition, systematic water quality monitoring in China at
the national scale only started in recent decades, and thus just accumulated much shorter
periods of observations compared with other countries, such as the United States [36]. A
national-scale analysis of water quality in China is needed to improve our understanding
of how human activities affect water quality and watershed biogeochemistry.

In recognition of the necessity and existing challenges, this study provides a compre-
hensive analysis of the spatiotemporal variability of key water quality parameters across
China, filling a gap in the current research on national-scale water pollution in China. We
compiled a 3-year (2021–2023) monthly water quality dataset for 3647 gauge stations across
China and analyzed the spatial distribution of water quality parameter concentrations
across nine water resource regions. The seasonal and annual variation patterns of water
quality parameters, the spatiotemporal variability of parameters, and the correlation be-
tween water quality parameters are investigated to understand the overall water pollution
conditions in China and to infer the underlying mechanisms controlling water quality.
The results of this study are expected to provide valuable information to policymakers to
formulate pollution mitigation strategies.

The objectives of the study are to (1) provide an overall evaluation of water quality
conditions in China, (2) understand how key water parameters vary over time and across
China, and (3) explore the underlying mechanisms responsible for the variability of wa-
ter quality. To achieve these objectives, we analyze the statistical characteristics of water
quality parameters by water resource regions and months (Sections 3.1–3.3). To understand
complex interactions among selected water quality parameters, we also quantify the inter-
correlations of the parameter, as well as ratios between TN and TP (Section 3.4). Factors
affecting water quality variability are discussed in Sections 4.1–4.4.

2. Materials and Methods

2.1. Study Area

The study area of this investigation is mainland China (excluding the Hong Kong,
Macao, and Taiwan regions), which is characterized by a variety of land use types and
cultivation patterns, high heterogeneity of urban development, and different levels and
types of water pollution (Figure 1). Dominant land use types include forest areas in
the northeastern, southwestern, and southeastern areas of China, cropland in northern
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China, and desert in northwestern China. In northern China, wheat and corn are the
primary crop types, while rice is mainly cultivated in southern China. The majority
of the population is located in the eastern part of China. The climate types include a
tropical monsoon climate and a subtropical monsoon climate located in southern China,
as well as a temperate monsoon climate in northern China. The climate type in western
China is a typical temperate continental climate, where Northwest parts of the country are
characterized by an inland dry climate. Precipitation ranges from ca. 50 mm/year in the
desert areas to over 2000 mm/year in the coastal areas of southern China. The average
annual temperature ranges from ca. 5 to 25.1 ◦C.

Figure 1. Locations of the water quality gauge stations and 9 water resource regions.

According to the classification for primary water resource areas, mainland China
includes nine major regions, including the Haihe River Basin, the Huaihe River Basin,
the Northeast Area, the Northwest Area, the Pearl River Basin, the Southeast Area, the
Southwest Area, the Yangtze River Basin, and the Yellow River Basin (Figure 1). Water
resource regions, such as the Northeast Area, the Northwest Area, the Pearl River Basin,
the Southeast Area, and the Southwest Area, are all composed of many smaller watersheds.
In this study, we compiled water quality data from 3647 gauge stations across China to
investigate water quality conditions nationwide. Both point and non-point source pollution
have contributed to the degraded water quality in China.

2.2. Data Collection

The water quality data of this study are from the automatic water quality monitoring plat-
form of the China General Environmental Monitoring Station network (https://www.cnemc.
cn, accessed on 28 June 2024). The dataset includes monthly concentrations of water quality
parameters from 3647 gauge stations for the period 2021–2023. Water quality parameters
were selected based on pollution types, such as the depletion of oxygen, eutrophication,
and biochemical pollution. In this study, we primarily focus on nutrients (e.g., TN, TP, and
NH3-N) in watersheds, parameters indicating the oxygen levels in water (e.g., BOD5, COD,
and DO), and concentrations of heavy metals (e.g., Cr6 and Pb).

According to the environmental quality standards for surface water (GB3838-2002)
in Table 1, the concentration of water quality parameters of gauge stations is categorized
into five classes (Table 1). For water bodies designated as sources of drinking water, the
water quality must meet at least Class III standards. Classes IV and V represent mild and
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moderate pollution levels, respectively. Concentrations surpassing the Class V standard
indicate severe pollution, which means measures must be taken to mitigate pollution. For
heavy metal elements, higher standards are required for water sources that meet drinking
water standards [42].

Table 1. Environmental quality standards of China for surface waters.

Parameters 1
Classes

I II III IV V

BOD≤ 3 3 4 6 10
COD≤ 15 15 20 30 40
Cr6≤ 0.01 0.05 0.05 0.05 0.1
DO≥ 7.5 6 5 3 2
NH3-N≤ 0.15 0.5 1.0 1.5 2.0
Pb≤ 0.01 0.01 0.05 0.05 0.1
TN≤ 0.2 0.5 1.0 1.5 2.0
TP≤ 0.02 0.1 0.2 0.3 0.4

1 The unit of water quality parameters is mg/L.

2.3. Data Analysis

In this research, we first calculated the averages of the selected parameters to demon-
strate the magnitudes of the pollution levels. The spatiotemporal analysis was conducted
using Box and Whisker Plots, which demonstrate the median, upper and lower quantiles,
as well as the upper and lower extremes of the parameters, enabling the comparisons of
water quality by month or water resource regions. Pearson correlation was adopted to
analyze the intercorrelations among the selected water quality parameters [43]. We also
used the cumulative distribution function to compare water quality conditions in different
years [44].

The spatial distributions of water quality parameters were illustrated using ArcGIS
based on the average concentrations of each gauge station (https://www.esri.com/, ac-
cessed on 26 July 2024). The cumulative probability distribution of water quality parameters
was analyzed using Python (https://www.python.org/, accessed on 26 July 2024). We
also used Python to plot the ratio of total nitrogen to total phosphorus across nine water
resource regions. For the correlation analysis, we used IBM SPSS Statistics 23 to process the
data and visualize the results (https://www.ibm.com/spss, accessed on 25 July 2024).

3. Results

3.1. Spatial Pattern of Water Quality Parameters

The distributions of water quality concentrations across the whole of China provide
details of the spatial variability of water quality (Figure 2). As depicted in Figure 2a, a few
gauge stations located along the downstream region of the Haihe River and the Yellow
River have recorded BOD concentrations exceeding 4 mg/L, exceeding the Class III water
quality standards for BOD. In Northeast China, COD concentrations above 20 mg/L are
recorded across many gauge stations, with a few stations even showing COD concentrations
over 30 mg/L (Class IV water quality standard). DO concentrations are notably low at the
confluence of major tributaries and lakes within the Yangtze River Basin, as well as in the
estuaries of the Yangtze and Pearl Rivers, and in the southeastern coastal regions (Figure 2).

A few gauge stations in the Yellow River Basins show Cr6 concentrations higher than
0.01 mg/L (Figure 2c), especially in Shaanxi Province and Gansu Province, where the
concentrations of Cr6 are particularly high, even more than 0.1 mg/L, exceeding the Class
V water quality standard. Gauge stations located in Liaoning and Anhui Provinces have
recorded Pb concentrations close to 0.01 mg/L, approaching the water quality standards of
Class I. High concentrations of NH3-N and TP often appear simultaneously, as shown in
Figure 2e,h, in the Southeast of Northeast China, the Huang Huai Hai region, upstream of
the Yangtze River Basin (east of Yunnan Province), and the coastal areas of South China.
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Figure 2. Spatial distribution of water quality parameters of gauge stations. The concentrations of
BOD, COD, Cr6, DO, NH3-N, Pb, TN, and TP are shown in subplots (a–h), respectively (the value
of each gauge station is calculated based on the average of monthly observations from 2021 to 2023,
and then classified according to the natural break method and China Surface Water Environmental
Quality Standard).

The distribution of water quality parameters across different water resource regions
shows significant variability (Figure 3). Specifically, BOD and COD concentrations are
higher in the Huaihe River Basin, the Haihe River Basin, and Northeast regions, while
being lower in the Pearl River Basin, Southwest, and Southeast China. In the latter three
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southern regions, levels of BOD and COD are categorized as Class I water quality conditions
according to the China Environmental Quality standard of surface water. However, the
concentrations of DO tend to be lower in southern regions. As can be seen in Figure 3d,
the median values of DO concentrations in the Pearl River Basin and Southeast region are
below 7.5 mg/L.

Figure 3. Water quality conditions across 9 water resource regions in 2021–2023. The concentrations of
BOD, COD, Cr6, DO, NH3-N, Pb, TN, and TP are shown in subplots (a–h), respectively. Abbreviations
on the x-axis refer to the water resource regions: the Haihe River Basin, the Huaihe River Basin, the
Northeast Area, the Northwest Area, the Pearl River Basin, the Southeast Area, the Southwest Area,
the Yangtze River Basin, and the Yellow River Basin.

For heavy metal cations, the concentrations of Cr6 and Pb in the nine water resource
areas are usually lower than 0.01 mg/L, meeting the Class I water quality standard. Large
amounts of gauge stations observed Cr6 concentrations of 0.002 mg/L. The concentrations
of nutrients (TN and TP) are higher in the Huaihe River Basin, the Haihe River Basin,
and Northeast China, while being lower in the Southwest and Southeast China. From
Figure 3e, it can be seen that the NH3-N concentrations of most gauge stations are below
0.5 mg/L, meeting the Class II water quality standard. Figure 3g demonstrates that the
TP concentration is generally consistent with NH3-N spatially. Except for the Huaihe
River Basin and Northeast China, the majority of gauge stations have TP concentrations
below 0.1 mg/L, meeting the standard of Class II. The concentrations of TN are generally
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higher than TP, especially in the Haihe River Basin and the Yellow River Basin. In these
two regions, the median values of TN concentrations are greater than 2 mg/L, exceeding
the Class V standard of TN according to the national water quality criteria (Table 1).

3.2. Temporal Variability of Water Quality Parameters

The water quality parameters also demonstrate evident temporal changes (Figure 4).
The concentrations of BOD fluctuate throughout the year and are slightly higher in the
first half of the year than in the latter half. The COD concentrations are higher in winter
and spring, but lower in summer and autumn. The BOD and COD concentrations of most
water bodies in China are below 4 and 20 over different seasons, meeting the Class III water
quality standards. Figure 4d demonstrates that the level of DO declines at the beginning of
the year and then rises from late summer to the end of the year, and it is slightly higher in
the first half of the year than in the latter half. For most water bodies, the concentrations
of DO are higher than 6 mg/L over the whole year, meeting Class II standards, and most
water bodies meet Class I water quality standards in winter and spring.

Figure 4. Seasonal variation in water quality parameters across 9 water resource regions from 2021 to
2023. The concentrations of BOD, COD, Cr6, DO, NH3-N, Pb, TN, and TP are shown in subplots
(a–h), respectively.
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Most gauge stations have Cr6 concentrations of 0.002 mg/L. Pb concentrations are
higher in spring and lower in winter (Figure 4f). Similar seasonal patterns can be seen in
NH3-N and TN, with higher concentrations in the dry season (winter) compared to the wet
season (summer). For NH3-N, most water bodies have concentrations lower than 0.5 mg/L
in the whole year, reaching the level of the Class II water quality standard. However, for
TN concentrations, the median reached 2 mg/L almost every month, which is the water
quality standard of Class V. Figure 4h illustrates an opposite seasonal variation pattern of
TP compared to NH3-N and TN, with increasing concentrations at the beginning of the
year and decreasing concentrations after July. The concentrations of TP in summer are
higher than in other seasons.

We further analyze how the water quality parameters have changed over the three
years (Figures 5 and 6). Compared to 2022 and 2023, slightly higher concentrations of
BOD, COD, Cr6, NH3-N, and TP in 2021 accounted for a higher proportion, indicating
that these water parameters might have improved over time. Especially for NH3-N, as
depicted in Figure 5e, the concentrations decreased in the last two years. The average
annual concentrations of DO were the lowest in 2022. No significant changes can be seen in
the concentrations of TN (Figure 5g), which indicates that the issue of nitrogen pollution
has not improved over time. More evident differences are observed in the plot of the high
concentrations (top 10% for each parameter) (Figure 6). Except for Pb and TN, all the
other six parameters show reductions in high concentrations, suggesting pollution was less
severe in 2002 and 2003, relative to 2021.

3.3. Spatiotemporal Variability of Water Quality Parameters

Similarities can be found in the magnitude and spatiotemporal patterns of some of
the selected water quality parameters (Figures 7 and 8). Figure 7 demonstrates similar
magnitudes of parameters BOD, COD, and DO across nine water resource regions. The
concentrations of BOD and COD in the Huaihe River Basin, the Haihe River Basin, and
Northeast China exhibit significantly higher values compared to other regions, particularly
in summer. The monthly median concentrations of COD in Northeast China, the Huaihe
River Basin, and the Haihe River Basin consistently exceed 15 mg/L, which is the value
of Class I and Class II water quality standards. In all water resource regions, DO has
lower concentrations in the wet season, showing an opposite seasonal change from COD. A
sharp decrease in DO concentrations is observed in the Huaihe River Basin during summer.
Except for the Southwest region and the Pearl River Basin, the average concentrations of
DO in other water resource regions exceed 7.5 mg/L in different months of the year.

The concentrations of Cr6 at a few gauge stations in the Yellow River Basin show
values higher than 0.01 mg/L in June, surpassing the Class I water quality standard and
significantly higher than other water resource regions (Figure 7), indicating potential
pollution caused by this element. It is necessary to conduct a comprehensive investigation
of the sources of pollution that are responsible for the abnormally high Cr6 levels in this
region. The concentrations and seasonal variabilities of Pb in the Pearl River Basin are
markedly lower than the other regions.

In the Huaihe River Basin and the Haihe River Basin, NH3-N concentrations decrease
in spring, followed by a sudden increase in July and August. In other regions, the con-
centrations of NH3-N are lower during the wet season than in the dry season. Figure 8
shows that the concentrations of TN in the Haihe River Basin, the Huaihe River Basin,
the Yellow River Basin, and Northeast China are higher across all months compared to
other regions. In addition, the seasonal variation in TN in the northern water resource
regions also exhibits a greater fluctuation than that in the southern regions. Specifically,
TN concentrations in northern China tend to decrease during spring and summer, and
then increase during autumn and winter, whereas the Southwest water resource region
shows an opposite temporal trend. Similarly, TP concentration is generally higher in the
northern water resource regions than those in the south, showing increases during spring
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and summer, followed by a decrease in autumn and winter. Notably, the concentrations of
TP in July and August are significantly higher compared to other months.

Figure 5. Annual variations in concentrations of water quality parameters from 2021 to 2023. The
concentrations of BOD, COD, Cr6, DO, NH3-N, Pb, TN, and TP are shown in subplots (a–h), respectively.

3.4. Intercorrelations among Parameters

Some parameters demonstrate strong intercorrelations (Figure 9). A strong positive
correlation is observed between BOD and COD across all water resource regions. TP shows
strong positive correlations with BOD and COD, while NH3-N displays a correlation with
these two parameters as well. The concentrations of TN show weaker correlations with
BOD and COD, especially in the Huaihe River Basin, the Haihe River Basin, and Northeast
China. However, a strong positive correlation can be seen between TN, BOD, and COD
concentrations in Southwest and Southeast China. DO exhibits weak negative correlations
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with nutrients (TN, TP, and NH3-N). In the northern water resource regions, DO and TN
show a weak positive correlation, while a weak negative correlation can be seen in the
southern regions. In the Yellow River Basin, Cr6 shows a weak positive correlation with
COD and a strong positive correlation with TN. NH3-N shows a strong positive correlation
with TP. Weak positive correlations between NH3-N and TN, as well as TN and TP, are
observed in the northern region. Conversely, in the southern water resource regions like
the Yangtze River Basin, the Pearl River Basin, and Southeast and Southwest China, strong
positive correlations between these nutrient parameters are identified. The correlations
between heavy metal and other water quality parameters are not significant.

Figure 6. Annual variations in top 10% highest water quality parameter concentration records from
2021 to 2023. The concentrations of BOD, COD, Cr6, DO, NH3-N, Pb, TN, and TP are shown in
subplots (a–h)respectively.
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Figure 7. Spatiotemporal variability of BOD, COD, Cr6, and DO across 9 water resource regions in
2021–2023.

The ratios of TN and TP demonstrate temporal and spatial variations across different
water resource regions throughout the year (Figure 10). The TN/TP ratio is significantly
higher than 16, which is considered the most suitable molar ratio for plankton growth.
Higher ratios are observed in the Yellow River Basin, the Huaihe River Basin, and North-
west China, whereas relatively low ratios are observed in the Yangtze River Basin, the
Pearl River Basin, and Southwest and Southeast China. For the Yellow River Basin and
the Huaihe River Basin, high concentrations of TN and TP are observed simultaneously.
A relatively high TN/TP ratio is noted in Northwest China, possibly due to the low TP
concentration in this region. The TN/TP ratio decreases in spring and summer, and then
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increases in autumn and winter. In the water resource regions with higher TN/TP ratios,
the ratio exhibits a significant change within a year.

Figure 8. Same as Figure 7, but for NH3-N, Pb, TN, and TP.
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Figure 9. Inter-correlations of the water quality parameters in 9 water resource regions.

Figure 10. The ratio of TN/TP across 9 water resource regions.

4. Discussion

4.1. Overall Water Quality Condition in China

The spatial distribution of water quality parameters reveals that northern China
exhibits higher concentrations for most of the selected water quality parameters than those
in southern China, indicating poorer water quality conditions in the Huaihe River Basin,
the Haihe River Basin, the Yellow River Basin, and Northeast China. This result aligns with
previous investigations [45], which utilized the water quality index to assess water quality
conditions across various water resource regions.
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Water quality parameters also exhibit seasonal and annual fluctuations. The concentra-
tions of COD and TP are higher in summer than in winter, but DO, NH3-N, and TN display
opposite seasonal patterns. BOD, COD, Cr6, NH3-N, and TP show lower concentrations
in 2022 and 2023 compared to 2021, suggesting an overall improvement in China’s water
quality over time. This temporal trend of water quality change found in this study is in
line with previous studies [2,41]. Conversely, TN concentrations have not shown a clear
trend over the same time period, and the average concentration of TN across all water
resource regions is worse than the Grade IV water quality standard, except for Northwest
and Southwest China, indicating that nitrogen pollution will remain a challenge for water
quality management in China.

4.2. Factors Affecting the Variability of Water Quality Parameters

The variability of water quality parameters is significantly influenced by numerous
factors. Higher temperatures can influence the physical and chemical conditions of water-
sheds, such as pH, salinity, solubility, viscosity, and diffusion rates, which in turn affect
biochemical processes, like nitrification and denitrification [46]. This might be the reason
for the strong seasonality of many parameters. Precipitation in northern China is much
lower than that in the south, and the dilution effects of water may be responsible for the
higher concentrations in northern areas and low concentrations in southern regions for the
selected parameters [35].

In addition, the dilution effect of precipitation may also play a role in seasonal changes
in concentrations of water quality parameters. In northern China, during spring and early
summer, precipitation does not increase significantly, and warming temperatures lead to
enhanced evapotranspiration and higher concentrations of the selected parameters [47].
Watersheds characterized by steep slopes usually experience rapid streamflow rates and
soil erosion, resulting in shorter water retention times and a weaker nutrient retention
capacity [17]. Gauge stations on the Yunnan-Guizhou Plateau have observed higher
concentrations of Cr6 and Pb, which are attributable to parent materials and the low
soil pH in those areas [48].

Human activities have increasingly impacted water quality over recent decades. Plains
and lowland areas usually have a high population density. Intensified land use and
urbanization can cause an increased discharge of agricultural, domestic, and industrial
sewage, thereby contributing to both point and non-point source pollution [35,49]. For
example, higher concentrations of nutrients were observed in Jilin and Liaoning Provinces,
as well as downstream from the Yellow River Basin. This widespread phenomenon of
nutrient pollution may be explained by the dominant land use types (agricultural land) in
these areas. Concentrations of nutrients are more affected by human activities compared to
climatic and geographical factors [17]. Gauge stations around Taihu Lake have higher TN
concentrations, which can be explained by intensive urbanization, high population density,
and active human activities indicated by the high GDP in these areas [50].

Reservoir operation also affects water quality. Li et al. [45] found that the construction
of the Three Gorges Dam has decreased the flow velocity in the Yangtze River, reducing
river runoff and diminishing its capacity for self-purification. However, Yang et al. [51]
insisted that enhanced water retention due to reservoir damming can reduce sediment
transport. Additionally, frequent mining activities are a possible explanation for the high
levels of heavy metals in Yunnan Province [52], emphasizing the complex interaction
between human disturbances and natural processes in affecting water quality.

4.3. Intercorrelation among Water Quality Parameters

Eutrophication is typically characterized by high concentrations of BOD, COD, and
nutrients, as well as low levels of DO. However, in this study, the correlations between
DO and other water quality parameters are weak, with only a slightly negative correlation
between DO and concentrations of NH3-N or TP. In the Pearl River Basin, the correlation
coefficient between DO and TP is −0.36, consistent with the negative correlation reported
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in previous studies for the same water resource region [32,37]. The correlation between
DO and other parameters appears weaker in northern watersheds compared to the south,
which may be related to differences in temperature among these regions. In southern China,
higher temperatures lead to less oxygen dissolved in the water.

The correlation between TN and other water quality parameters also exhibits spatial
variations. In the Hai River Basin, the Huai River Basin, and Northeast China, the concen-
trations of TN show low correlations with BOD and COD; high ratios of TN/TP also appear
in these water resource regions. This may be due to higher anthropogenic N input in these
regions, leading to high variabilities in water quality parameters [17]. The concentration of
riverine COD is influenced by the activity of aquatic organisms, atmospheric deposition,
and the influx from terrestrial vegetation and soil organic matter. Temperature fluctuations
can alter water’s physical and chemical properties [53], further affecting biochemical pro-
cesses, and leading to the significant variability of COD. Further research on water quality
analysis needs to quantify the contribution of anthropogenic and natural factors to regional
water quality to unravel the underlying mechanisms responsible for the variability of water
quality parameters.

4.4. Processes Leading to High Concentrations of Water Quality Parameters

The rapid development of industry, urban expansion, and changes in agricultural
activities have greatly increased the discharge of pollutants, leading to widespread water
pollution [54]. In Northeast China, many gauge stations have observed COD concentrations
higher than 20 mg/L. This region, as an important base for grain production, has extensive
agricultural land where excessive fertilizer use leads to high concentrations of BOD, COD,
and nutrients, contributing to non-point source pollution [55]. The higher concentration of
Cr6 in the Loess Plateau is attributable to the higher local soil background values and the
recharge of groundwater with a high concentration of Cr6 [56]. In addition, the wastewater
and soil erosion in the Loess Plateau also contribute to phosphorus transport [57]. Popu-
lation densities and agricultural yields are relatively high in the middle and downstream
of the Yellow River Basin [58,59]. Shanxi Province, located in the middle reaches of the
Yellow River Basin, is an important base for coal production in China. The higher TN
concentration in Shanxi Province can be explained by anthropogenic discharges, such as
domestic sewage, livestock manure, nitrogen fertilizer, industrial sewage, etc. [60].

In southern China, eutrophication in the middle and downstream of the Yangtze
River is closely linked to high population density and GDP. Point source pollution is the
main component of water pollution in Yunnan Province, including mining activities [8],
inadequate sewage treatment, and the expansion of built-up land [61]. The southern
coastal areas of China are facing eutrophication challenges, driven by the development of
big coastal cities and estuarine sewage discharges. Therefore, it is necessary to monitor
and manage the water quality of estuaries to mitigate coastal eutrophication caused by
human activities.

4.5. Implications for Pollution Control and Future Work

Our research highlights that northern water resource regions usually have worse
water quality than southern regions of China. Water pollution is relatively light in North-
west and Southwest China, corresponding to the smaller population and lower impact of
human activities in those regions. This spatial distribution has much to do with China’s
economic development strategy. Therefore, water treatment facilities should keep up with
the economic development and minimize the human impacts on water quality. Since TN
concentrations exceed the Class V standard (2 mg/L) for most measuring stations across
the country, local management agencies should pay more attention to the attenuation of
nutrient transport to rivers.

We note that a few water quality parameters showed lower concentrations in 2022 and
2023 compared to 2021, indicating that the water quality has improved compared to the
results of the previous water quality survey [43]. However, urbanization is still the main
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reason for pollution emissions and will continue to exert pressure on water quality [2,59].
Even in watersheds where water quality has significantly improved, the issue of excessively
high pollutant concentrations still occurs frequently [8]. Therefore, further mitigation of
water pollution will still be a major challenge in the coming decades.

This investigation provides an overview of China’s water quality and lays the foun-
dation for future investigations. Further investigations on the spatiotemporal analysis of
water quality and underlying mechanisms in each water resource area can be performed
based on this study. At the same time, in addition to analyzing each water quality parame-
ter, comprehensive evaluation methods and the water quality index can be used, as well
as regional economic development, to make a comprehensive evaluation of water quality
conditions [22]. In addition, this study can also provide a reference for the analysis of water
quality with process-based water quality models.

Meanwhile, a few limitations should be noticed to better understand the results of this
work. First, because of the low data availability, we primarily focused on water quality
data in 2021–2023, which is a short time period for understanding the long-term trends in
water quality. More efforts in data compilation are needed to extend the data to early years
to show how water quality has changed over a long time period. Second, more quantitative
analyses of how river basin properties have contributed to the variability of water quality
are needed to derive a solid understanding of mechanisms regulating water quality. Third,
linking water quantity and water quality will be needed to understand the control of the
water cycle on water quality.

5. Conclusions

This study investigated the national-scale monthly water quality observation data from
2021 to 2023 and analyzed the spatiotemporal variability of key water quality parameters
in China. Similarities can be found through the spatial distribution of BOD5, COD, DO,
NH3-N, TN, and TP concentrations, with a lower magnitude in the south than in the north.
The concentrations of heavy metal elements can mostly meet the Class I water quality
standards. Nitrogen pollution should receive more attention, since it is becoming a national
problem, especially during the dry season. When comparing water conditions in 2021 to
the next two years, all parameters showed better conditions, except for DO and TN. The
TN/TP ratios of all water resource regions were above 16, indicating that phosphorus
was the limiting factor of eutrophication. The findings of this study can provide valuable
information to water quality management agencies and support the formulation of water
pollution control strategies. Reducing nitrogen export, particularly in dry seasons and in
the northern parts of China, will be needed to improve water quality in China.
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Abstract: The present study examines the water quality in the Quaternary Mio-Plio-Quaternary
aquifer of the mining basin of Gafsa using a hydrochemical approach and multivariate statistical
methods, to assess groundwater mineralization processes. Results from the analysis of groundwa-
ter quality collected during the winter (January 2020) and summer (June 2021) seasons reveal a
pronounced stability in geochemical parameters, emphasizing a noteworthy consistency in water
composition between the two seasons, with the dominance of the Na-Ca-Mg-SO4-Cl facies, in ad-
dition to the fact that all year round these concentrations are beyond their respective WHO limits.
Despite the intensive extractive and transformation phosphate industry, the prolonged interaction of
water with geological formations is the primary factor controlling their high mineralization. This
results from the dissolution of carbonates (calcite, dolomite), gypsum, and halite. The results of the
PCA represent two correlation classes. Class 1 comprises major elements sulfate, chloride, sodium,
magnesium, and calcium strongly correlated with electrical conductivity (EC) and total dissolved
solids (TDS). This correlation is indicative of the water mineralization process. Class 2 includes major
elements nitrate and potassium weakly correlated with (TDS) and (EC) As regards heavy metals,
their concentrations fall consistently below their respective potability standards established by the
WHO across all water sampling points. Meanwhile, fluoride (F-) concentrations exhibited values
ranging from (1.6 mg·L−1 to 2.9 mg·L−1) in the winter of January 2020 and (1 to 2.9 mg·L−1) in the
summer of June 2021, surpassing its WHO limit (1.5 mg·L−1) in almost all water samples. These
findings allow us to conclude that the high mineralization of these waters is acquired due to the
dissolution of carbonates (calcite, dolomite), gypsum, and halite due to their prolonged interaction
with the geological formations. The deterioration of groundwater quality in the Gafsa mining basin
associated with phosphate extraction and processing activities appears to be primarily due to the
intensive exploitation of deep-water resources.

Keywords: phosphate basin; groundwater; hydrochemical facies; PCA analysis; water quality

1. Introduction

Groundwater is the second largest freshwater resource on the planet and meets more
than one-third of global drinking water demand [1]. However, aquifers are at risk of
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contamination owing to extensive pumping and agricultural and industrial activities. In-
tensive pesticide and fertilizer applications, wastewater discharge, industrial effluences,
and excessive groundwater abstraction are some of the activities that lead to groundwater
contamination. These activities have resulted in the deterioration of water resources in var-
ious regions worldwide [2]. In most arid and semiarid regions worldwide, the availability
of sufficient freshwater has become a limiting factor for development [3,4]. Water scarcity
has always been a dominant problem in North Africa and the Middle East. It has been
accentuated by rain shortages that have caused a decrease in groundwater resources [5,6].
Overexploitation and changes in land usage have provoked not only the reduction of
available water but also the deterioration of water quality [7–9]. The degree and severity of
soil salinization escalated rapidly during the latter part of the 20th century [8]. The Sahara
oases of Northern Africa are no exception [8–10]. Generally, groundwater chemistry is
primarily controlled by natural processes such as aquifer lithology, residence time, and
water rock interactions in unsaturated and saturated zones [1,9]. However, anthropogenic
processes, such as agricultural and industrial activities and urban development, have sev-
eral harmful consequences, such as the overexploitation of groundwater resources [10], the
return flow of irrigation water [11], and saltwater intrusion [8,12,13], which may contribute
to the degradation of water quality. Many hydrogeological approaches have been used to
understand these interactions and predict groundwater dynamics [3,13–15]. On the other
hand, fluoride is found ubiquitously in natural waters, with varying concentrations across
different sources. In groundwater, fluoride concentrations can vary widely depending on
the geological characteristics of the rocks [16]. Flouride-rich waters are encountered in three
major geological terrains: sedimentary basins, crystalline basement areas, and volcanic
regions [16]. In groundwater, the fluoride content depends on various factors, including the
porosity of rocks and soils through which water circulates, speed of circulation, temperature
during the interaction between water and rocks, composition of salts encountered by water
before reaching aquifers, and chemical capacity of water to solubilize fluoride [8,17]. Min-
ing operations generally significantly impact the amount and quality of water resources in
a neighborhood. During exploitation, dewatering leads to the drawdown of the water table,
which results in the disappearance of specific springs or a decrease in their flow. After mine
closure, rebound degrades groundwater quality [4,8,18]. Numerous studies have examined
the groundwater chemistry in the Gafsa mining basin in Southwest Tunisia [19,20]. All
these studies conducted on the hydrochemistry of water are concentrated mainly at specific
sites in the basin. This means that these studies have yet to focus on the hydrochemistry of
water in the entire basin, especially around industrial sites. However, this study focuses
on water hydrochemistry in mining as the whole basin, especially those close to industrial
sites (Moulares, Redeyef, M’etlaoui, and M’dhilla).

Chemical analyses conducted as part of the Gafsa North aquifer system investigation
by [21] indicated that the Mio-plio-Quaternary waters are of the sodium sulfate type. The
salinization of these waters is primarily attributed to the dissolution of gypsum and, to
a lesser extent, halite. The geological condition of the region can explain this. According
to [22], the influence of geological features, notably the Gafsa Fault, has emerged as a pivotal
factor affecting the quality of groundwater, specifically its salinity levels in the vicinity.

The results from [23] study in the Northern Gafsa Basin, specifically in Gafsa city,
revealed concentrations of Ca2+, Mg2+, Na+, K+, Cl−, SO4

2−, NO3−, and HCO3− that
surpassed the standards set by the (WHO). The applied analysis of significant elements
has substantiated an anthropogenic origin, predominantly linked to agricultural activities,
for these major elements. These elements contributed significantly to the pronounced
mineralization observed in the study area.

A study conducted by [24] in the same area revealed that groundwater in Northern
Gafsa exceeds the standards set by the (WHO) for sulfate, calcium, and chloride concentra-
tions, with dominant calcic sulfated facies. These results indicate that the chemical quality
of water is primarily influenced by the geological nature of the aquifer, with these elements
playing a significant role in the observed high salinity levels.
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None of the potassium and nitrate values from either campaign exceeded the WHO
standards, a finding consistent with the observations of [19,25,26]. This suggests that these
elements may not significantly contribute to winter mineralization in the mining basin.

Refs. [27,28], investigated the adverse impacts of a phosphate industrial zone on
groundwater in the Jorf Lasfar region of Morocco. Their study revealed a significant
increase in the measured electrical conductivity of groundwater. The calcium and potassium
concentrations met the compatibility standards set by the WHO. However, the chloride,
sodium, nitrate, and magnesium concentrations exceeded the water quality standards. The
increased conductivity was primarily attributed to chloride and sodium ions.

The study conducted by [29] in the phosphate region of central Jordan, in the Al
Hisa province, revealed a significant concentration of chloride, magnesium, and sulfide,
surpassing the standards set by the WHO. This investigation highlights the saline nature of
the waters in the Al-Hisa zone, with water salinity attributed to the dissolution of soluble
elements in the effluent waters. In addition, the concentrations of potassium and nitrate
in the same phosphate region were below the standards established by the WHO. These
observations are consistent with the findings of the present study.

This study aimed to identify and interpret the factors responsible for mineralization
and the degradation of water quality in the mining basin of Gafsa. Therefore, it is essential to
assess the processes and phenomena controlling the reactions of aquifer systems that may be
exposed to environmental or climate changes. Hydrochemical techniques (Piper, Schoeller–
Berkalov representations) were used to determine the dominant facies of groundwater in
the study area, better understand the relationship between these elements, and specify the
factors affecting mineralization. Statistical calculations (NPCA) using Python language
were performed to better understand the link between the quantitative variability of cations
and anions.

2. Materials and Methods

2.1. Presentation of the Study Area
2.1.1. Geology

The mining basin of Gafsa, situated in the southwest of Tunisia, encompasses most of
the country’s phosphate mining activities [8,30]. To its north lies the Gafsa Range, while to
the east, it is bordered by the Guettar and Jebel Chamsi regions. To the south, it is delineated
by Chott El Gharsa, and to the west lies Algeria [8,30]. Geologically, the outcrops of this
region consist mainly of Quaternary to Mio-Pliocene formations, including the sands of the
Beglia Formation and the sandy/silty clays and conglomerates of the Segui Formation in
the regions of Redeyef and Metlaoui [8,30].

The Palaeogene (mainly Eocene) and Early/Late Cretaceous formations constitute
the geological outcrops in the Metlaoui, Gafsa, and Sehib Ranges. According to [8,31,32]
the geological units of the Metlaoui Group, which hosts the phosphate series of the Gafsa-
Metlaoui basin, are attributed to the Eocene epoch. This primarily includes three formations:
The Thelja Formation, characterized by dolomitic deposits alternating with gypsum and
marl. The Chouabine Formation comprises four phosphate units (A, B, C, and D). The Kef-
Eddour Formation consists of marl–phosphate alternations framed by two limestone bars.

The lithostratigraphic column (Figure 1), spanning the Cretaceous to the Quaternary,
exhibits two primary stratigraphic sequences. The first sequence comprises marine Creta-
ceous and Paleogene deposits from formations including Sidi Khalif, Melloussi, Boudinar,
Bouhedma, Sidi Aïch, Orbabta, Zebbeg, Aleg, Abiod, El Haria, Metlaoui, and Jeb’s. In con-
trast, the second sequence consists of continental Neogene and Quaternary deposits from
the Sehib, Beglia, and Segui formations. These two sequences are divided by a significant
sedimentary hiatus extending from the Middle Eocene to the Early Miocene [33].

All sampling points are located within the Mio-Plio-Quaternary.
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Figure 1. Lithostratigraphic column of the study area [8].

2.1.2. Phosphate Industry and Environment

The phosphate industry is considered one of Tunisia’s most polluting (air, soil, fresh-
water, seawater, sediments, soil, etc.), activities [8,34]. The Phosphate Company of Gafsa
(CPG) operates in eight open-pit mines (Kef Schfaier, Kef Eddour Central, Kef Eddour West,
Metloui, Jallabia, M’dhilla, Redeyef and Moulares) and nine processing plants (laundries)
(Figure 2). Most of the phosphate production (around 90%) is processed by the (CPG) and
the Groupe Chimique Tunisien (GCT) in the Gafsa basin (M’dhilla) and other phosphoric
acid-producing plants operating in the south of Tunisia (Gabes, Skhira, Sfax). These plants
produce vast amounts of highly toxic effluents [35,36]; loaded with fluorides, radionuclides,
metallic trace elements (MTE), sulfites, and phosphoric acid [36–38], these effluents are
discharged into the hydrographic network (Wadi Bayech, EL Kbir, Wadi El Melah, Wadi
Moulares, Wadi Magroun, and Wadi Tebedditt).
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Figure 2. Geologic map of the Gafsa mining basin [19], showing the location of the phosphate
laundries and the water sampling points.

2.1.3. Sampling and Methods

Groundwater samples were collected during wet (January 2020) and dry (June 2021)
seasons from seven boreholes (80–250 m deep) exploiting the so-called Complexe Terminal
(CT) Mio-Plio-Quaternary aquifer system (Figure 1). Borehole positions (34◦ 40–34◦ 20 N
latitude and 8◦ 00–8◦ 40 E longitude), were located using a GPS.

Water samples were conditioned in polyethylene containers and kept in a cooler
for 24 h. In the laboratory, samples were vacuum filtered through 0.45 μm Millipore
filters MilliporeSigma, Darmstadt, Germany, a Merck company and stored at 4◦ C before
being analyzed.

Temperature (T) and hydrogen potential (pH) were measured in situ using an ISO-
SCAN PH meter. The electrical conductivity (EC) and total dissolved salt (TDS) were
measured using a conductivity meter (WTW Model INOLAB Cond7310P).

Water analysis was performed at the laboratory of the Centre International des Tech-
nologie de l’Environnement (CITET), using Dionex chromatography (DX ICS-1100) for
the analysis of anions (SO4

2−, Cl−, F−, NO3
−) and an inductively coupled plasma atomic

emission spectrometer (ICP-AES; Optima 7300 DV) for the analysis of cations (Ca2+, Mg2+,
K+, Na2+) and trace elements (F−, Fe, Mn, Al, Zn, Cr, Pb, Cd). The total alkalinity (HCO3

−)
was determined by titration with 0.01 or 0.1 M HCl.

The accuracy of complete chemical analysis is also checked and ionically balanced by
calculating the cation–anion equilibrium in terms of equivalents per milligram (mg·L−1).
The ionic balance for all samples is within the ±5% interval.
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Multivariate statistical techniques (PCA) and hydrochemical representations (Piper
and Schoeller–Berkaloff) are used for results processing.

3. Results

Water samples collected from boreholes during both winters (January 2020) and
summer (June 2021) seasons were subjected to the in situ measurements of physico-chemical
parameters (EC, TDS, pH, T) as well as the determination of major constituents (anions and
cations) and trace elements.

3.1. Physico-Chemical Parameters

The results presented in Table 1 reveal relatively consistent temperature values, rang-
ing from 24 to 27 ◦C, during January 2020 and June 2021. pH levels exhibited variability,
with values ranging between 7.17 (Borehole 6) and 7.76 (Borehole 7) in January 2020 and
between 7.02 (Borehole 6) and 7.83 (Borehole 2) in June 2021. In terms of electrical conduc-
tivity (EC), values ranged from 3700 μs·cm−1 (Borehole 6) to 7100 μs·cm−1 (Borehole 7)
in January 2020 and from 4000 μs·cm−1 (Borehole 6) to 7200 μs·cm−1 (Borehole 7) in June
2021. Notably, EC does not appear to undergo significant seasonal fluctuations.

Regarding total dissolved solids (TDS), measured values spanned from 3986 mg·L−1

(Borehole 6) to 6184 mg·L−1 (Borehole 2) in January, and from 4394 mg·L−1 (Borehole 5) to
6603 mg·L−1 (Borehole 2) in June. This range suggests a prevalent brackish quality in the
water throughout the measured period.

3.2. Major Constituents (Cations and Anions)

Table 1 summarizes the major ionic species (cations and anions) concentrations present
in the studied waters. The ionic balance (IB) values for all samples during the two cam-
paigns were lower than 5%.

Na+ content in the water varies between 700 mg·L−1 (Borehole 6) and 1400 mg·L−1

(Borehole 7) for January 2020 and between 780 mg·L−1 (Borehole 6) and 1250 mg·L−1

(Borehole 7) for June 2021. The maximum Na+ concentration is observed in the Plio-
Quaternary aquifer of the Métlaoui area (1420 mg·L−1 in Borehole Bh2).

Ca++ contents vary between 325 mg·L−1 (Boreholes 6 and 7) and 479 mg·L−1 (Bore-
hole2) for January 2020 and between 310 mg·L−1 (Borehole 7) and 488 mg·L−1 (Borehole 2)
for June 2021. Mg++ contents fluctuate between 174 mg·L−1 (Borehole 5) and 250 mg·L−1

(Borehole 2) for January 2020 between 200 mg·L−1 (Borehole 5) and 264 mg·L−1 (Borehole
2) for June 2021. K+ content varies between 3.9 mg·L−1 (Borehole 3) and 10.54 mg·L−1

(Borehole 7) in January 2020 and between 4.4 mg·L−1 (Borehole 3) and 9.7 mg·L−1 (Borehole
7) in June 2021. SO4

2− contents vary between 1500 mg·L−1 (Borehole 6) and 1899 mg·L−1

(Borehole 1) for January 2020 and between 1648 mg·L−1 (Borehole 6) and 2100 mg·L−1

(Borehole 2) for June 2021. Cl− concentrations vary between 946 mg·L−1 (Borehole 5) and
1899 mg·L−1 (Borehole 2) for January 2020 and between 1040 mg·L−1 (Borehole 3) and
1900 mg·L−1 (Borehole 2) for June 2021. HCO3

− contents range from 210 mg·L−1 (Borehole
6) to 438 mg·L−1 (Borehole 2) for January 2020 and between 210 mg·L−1 (Borehole 7) and
394 mg·L−1 (Borehole 2) for June 2021. NO3

− contents vary between 10.1 mg·L−1 (Borehole
1) and 60 mg·L−1 (Borehole 6) for January 2020 and between 14.4 mg·L−1 (Borehole 5) and
48.3 mg·L−1 (Borehole 6) for June 2021.

The results of Table 1 show that these waters have the following general pattern:
[Na+] > [Ca2+] > [Mg2+] >> [K+] and [SO4

2−] > [Cl−] >> [HCO3
−] > [NO3

−]. Com-
pared to the WHO standards, these results show that the investigated waters are enriched
in sodium (>200 mg·L−1), calcium (>200 mg·L−1), magnesium (>50 mg·L−1), chlorine
(>200 mg·L−1), sulfate (>500 mg·L−1), and bicarbonate (>15 mg·L−1) with a deficit in potas-
sium (<20 mg·L−1) and nitrate (<50 mg·L−1), except the slight excess in nitrate (60 mg·L−1)
in the borehole 6 of Redeyef in January 2020.
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3.3. Trace Elements

The results presented in Table 2 enable a comparison of the concentrations of heavy
metals and fluoride in two distinct sampling campaigns, January 2020 and June 2021, and
thus, to evaluate any significant variation in water quality. Table 2 shows that there is
no significant variation in the concentration levels of heavy metals (Fe, Mn, Al, Zn, Cr,
Pb) between the two sampling campaigns of January 2020 and June 2021. For example,
the levels of iron vary between 0.041 μg·L−1 and 0.099 μg·L−1 (BH6) in January 2020 and
between 0.011 μg·L−1 (BH1) and 0.092 μg·L−1 (BH7) in June 2021. The levels of fluoride do
not show significant variation between the two campaigns. Compared to WHO standards,
the results from (Table 2) indicate that the examined waters are not enriched in heavy
metals. However, fluorine contents exceed the WHO standards in almost all samples.

Table 2. Trace metals and fluoride contents in the groundwater of the Gafsa mining basin.

Area
Borehole
Reference

F−
(mg·L−1)

Fe
(μg/L−1)

Mn
(μg/L−1)

Al
(μg/L−1)

Zn
(μg/L−1)

Cr
(μg/L−1)

Pb
(μg/L−1)

January 2020 (a)

Metlaoui
BH1 2.193 0.018 0.035 0.106 0.02 <0.01 0.001

BH2 1.724 0.061 0.029 0.083 <0.01 0.036 0.002

Moulares
BH3 1.802 0.091 0.011 0.102 0.015 0.056 0.003

BH4 1.611 0.085 <0.01 0.111 <0.01 0.061 0.004

Rdeyef
BH5 2.247 0.041 0.036 0.099 0.013 <0.01 0.002

BH6 2.931 0.099 0.032 0.091 0.021 <0.01 0.005

M’dhilla BH7 2.944 0.072 <0.01 0.102 0.013 <0.01 0.005

June 2021 (b)

Métlaoui
BH1 2.432 0.011 0.033 0.098 0.02 <0.01 0.001

BH2 1.955 0.053 0.036 0.074 <0.01 0.029 0.004

Moulares
BH3 2.012 0.072 0.016 0.089 0.012 0.048 0.002

BH4 1.876 0.067 <0.01 0.101 <0.01 0.059 0.003

Rdeyef
BH5 2.675 0.033 0.022 0.078 0.015 <0.01 0.001

BH6 2.981 0.077 0.028 0.086 0.029 <0.01 0.004

M’dhilla BH7 2.991 0.092 <0.01 0.095 0.011 <0.01 0.003

WHO Guidelines (2011) 1.5 <0.3 <0.5 0.2 <0.5 0.05 <0.05

WHO: World Health Organization.

4. Discussion

The pH levels observed in the analyzed waters during both the winter (January 2020)
and summer seasons (June 2021) demonstrate significant consistency, highlighting the
marked hydrochemical stability of the Gafsa mining basin and consistently align with
the circum-neutral range of 7.1 to 7.8 sensu Bocoum (2004), which is in agreement with
previous studies conducted on groundwaters in the same basin [25,26,39]. It is worth
noting, however, that such pH values indicate the intervention of carbonates as buffering
minerals. In such an environment, buffering provides a notably stable pH level [39].

Electrical conductivity (EC) exhibits significant variability, ranging from 3700 to
7200 μS·cm−1 during winter (Figure 3a) and from 4100 to 7200 μS·cm−1 during sum-
mer seasons (Figure 3b). However, no significant variation is observed between the two
seasons. Total dissolved solids (TDS) do not exhibit noteworthy variations, ranging from
3986 to 6184.5 mg·L−1 (Figure 3a) during winter seasons and from 4393.9 mg·L−1 to
6603.2 mg·L−1 (Figure 3b) during summer seasons. Nonetheless, no notable difference
was observed between the two seasons. Figure 3a,b reveals a high concentration of total
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dissolved solids (TDS) during both winter and summer seasons in the areas of Métlaoui
(Borehole 2) and M’dhillla (Borehole 7). In contrast, a lower concentration of (TDS) is
observed in the Moulares area (Boreholes 3 and 4) and the Redyef area (Boreholes 5 and 6).
(Borehole 2) in the Métlaoui area and (Borehole 7) in the M’dhilla area are near the Gafsa
Phosphate Company, which could potentially explain these elevated TDS values attributed
to the overexploitation of the aquifer by the phosphate industry.

Figure 3. Index water quality of mining basin of Gafsa for (“January 2020 (a); June 2021 (b)”).

These TDS values exceed the WHO standard (1000 mg·L−1). However, falling within
the 1000 to 10,000 mg·L−1 range, sense Rodier (1996) and [21,22,40–42], these waters may
be classified as brackish. Similar values have been reported by [25].

Based on the measurements of electrical conductivity and dissolved solids concentra-
tions (Table 1a,b), the classification of the water quality index in the Gafsa mining basin
for two distinct seasons, winter and summer, is illustrated (Figure 3a,b). According to this
graphical representation, the water quality in the mining basin is systematically catego-
rized into three classes, each assigned a specific color (red, orange, yellow) (Figure 3a,b).
Specifically, the observations disclose the following water quality assessments: (i) Mediocre
water quality is evident in the Moulares and Redeyef (Figure 3a,b); (ii) poor water quality
is identified in the Metlaoui zone (Figure 3a,b); (iii) inferior water quality is observed in the
M’thilla and Metlaoui (Figure 3a,b). This classification presents the nuanced variations in
water quality in the mining basin.
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4.1. Hydrochemical Characteristics of the Investigated Waters

The concentrations of major elements observed in the two seasons exhibit significant
elevations, particularly in sodium (700 to 1400 mg·L−1) in January 2020 (Table 1a) and from
780 to 1420 mg·L−1 in June 2021 (Table 1b), chloride (946 to 1899 mg·L−1) in January 2020
(Table 1a) and 1040 to 1900 mg·L−1 in June 2021 (Table 1b), sulfate (1500 to 1899 mg·L−1)
in January 2020 and 1630 to 2100 mg·L−1 in June 2021, calcium (325 to 497 mg·L−1) in
January 2020 (Table 1a), and 310 to 488 mg·L−1 in June 2021 (Table 1b), and magnesium
(174 to 300 mg·L−1) in January 2020 (Table 1a) and 200 to 264 mg·L−1 in June 2021 (Table 1b).
However, it is essential to note that no significant variation is observed in these physico-
chemical parameters between the winter and summer seasons. These values consistently
surpass their respective WHO standards (Table 1).

Heightened high sodium levels were observed in the study by [19] in the Moulares
Redeyef mining area, specifically around the Tebedditt region. The ionic composition is
prominently characterized by SO4

2− (0.54–1.75 g/L), Cl− (0.36–0.43 g/L), Na+ (0.19–0.28 g/L),
Ca2+ (0.18–0.35 g/L), and Mg2+ ranging between 0.11 and 0.24 g/L. This phenomenon can be
attributed to various factors, including the hydrodynamic characteristics of the aquifer and
intricate water–rock interactions involving processes such as dissolution and infiltration.

Moreover, discernible human influences, mainly from mining and agricultural activi-
ties, significantly contribute to the observed compositional trends. These anthropogenic
factors amplify the impact on groundwater quality, necessitating careful consideration of
environmental management strategies for the Gafsa mining basin.

The high concentrations of sulfate and chloride in this study are further supported by
the study conducted by [25,26], which indicates that the concentrations of sodium, chloride,
calcium, and sulfate ions surpass the standards set by the World Health Organization
(WHO). This phenomenon was attributed to the dissolution of halite and gypsum.

The drawing of water samples onto the Piper diagram (Figure 4), of two seasons
(January 2020 (a) and June 2021 (b)) shows that on the triangle of anions, water samples are
located next to the SO4

− Cl− lines and far from the pole HCO3
. note however that for the

samples Bh1, Bh3, Bh4, Bh5, and Bh6 the SO4
2− content is slightly higher than that of Cl−,

and vice versa for Bh2 and Bh7 these two boreholes are richer in NaCl than the others, If
we take into consideration the cation triangle, and assuming that potassium contents are
accessory water samples are highly concentrated in Na, Ca and Mg, with Na > Ca > Mg.
Thereby, the waters analyzed belong to the Na-Ca-Mg-SO4-Cl chemical facies. The chemical
particularities of (Bh1, Bh2, Bh3, Bh4, Bh5, Bh6, and Bh2, Bh7) depend on many natural
factors, such as the lithology of the aquifer, the quality of recharge waters, and the types of
interaction between water and aquifer.

The representation of the ion concentrations on the Scholler–Berkalov diagram (Figure 5)
of two seasons (January 2020 (a) and June 2021 (b)) demonstrates that all the analyzed waters
display identical profiles and that there is a cationic dominance of sodium, calcium, and
magnesium in all examined samples and are highly loaded in Na+, Ca2+, Mg2+, SO4

2− and
Cl−. We can conclude that the groundwater in the mining basin is heavily loaded and
oversaturated with calcite, halite, dolomite, and gypsum (Hamed et al., 2008) [25]. Figure 5a,b
also show that all the aforementioned ions, in addition to bicarbonates (HCO3−) in the
analyzed groundwater, exceed their respective WHO guidelines. The only exception is nitrate
(NO3−) concentrations, which remain below the recommended limit, with the exception
of sample Bh6, where the concentration (60 mg/L) slightly exceeds the WHO standard of
50 mg/L.

The sulfated, calcic, magnesium, sodium, and chlorinated facies result from the pres-
ence of sulfate, calcium, sodium, magnesium, and chloride in the soil due to the leaching of
these ions by rainwater during infiltration and/or the dissolution of evaporates.

Comparing our results with other studies on water hydrochemistry in phosphate
mining areas in various countries worldwide is paramount for a better understanding of
the underlying factors contributing to the deterioration of water quality.
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Figure 4. Plot of the groundwater samples on the Piper diagram: (a) January 2020; (b) June 2021.

Figure 5. Plot of the characteristics of the studied groundwater samples on the Schoeller–Berkalov
diagram, (a) January 2020), (b) June 2021).

Based on internal research and the findings of our study, it can be stated that the
dynamic interaction between water and rock primarily influences the groundwater quality
in the Moulares Redeyef basin. This complex relationship, integral to the hydrogeological
dynamics of the aquifer, manifests through processes such as dissolution, and infiltration.
The distinct geological characteristics of the study area play a pivotal role in driving these
phenomena, exerting a substantial influence on the composition of groundwater resources.
Notably, the etiology and geological attributes of the region function as foundational
elements initiating shifts in water quality. This primary factor lays the groundwork for
subsequent considerations, facilitating a comprehensive understanding of the geological
intricacies that underscore the multifaceted challenges within the Moulares Redeyef basin.
As we delve into the ensuing sections, we will expound upon additional contributing
factors, including anthropogenic influences and intensified industrial activities, enriching
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the narrative with a holistic exploration of the diverse elements shaping the groundwater
landscape in Phosphatic mining regions.

Phosphate extraction activities in the Gafsa mining basin pose significant risks to
human health. The contamination of groundwater with harmful pollutants, as found by
Hamed et al., 2014 [42], can lead to serious health conditions. For instance, fluoride presence
in drinking water can lead to fluorosis, a condition characterized by dental and skeletal
damage following prolonged exposure to elevated fluoride concentrations, as noted by
Umer 2023 [27]. Additionally, elevated sulfate levels in water can cause gastrointestinal
issues, such as diarrhea and intestinal irritation, as they disrupt the body’s fluid balance
and irritate intestinal tissues, as found by Backer 2000 [43].

The contamination of local water sources with these pollutants has a direct and adverse
impact on the health of the regional population, who are exposed to fluoride and sulfates
through their drinking water Guissouma and Tarhouni 2015, Guissouma et al. 2017 [44,45].
Therefore, it is essential to implement stringent management and monitoring strategies to
safeguard water quality in the region. This includes optimizing extraction techniques and
employing effective water treatment processes to mitigate these health risks.

To reduce the impact of the phosphate industry on groundwater contamination, several
strategies should be adopted. First, improving waste management practices, particularly
in the storage and treatment of phosphate residues, is crucial. Advanced containment
and treatment technologies, such as filtration and neutralization systems, can significantly
reduce the risk of contaminants leaching into groundwater. Additionally, establishing
vegetated buffer zones around industrial sites can filter runoff water and reduce pollutant
transfer to aquifers. Continuous monitoring of groundwater contamination levels and
rapid response protocols for pollution incidents are also necessary. Finally, promoting
research into more environmentally sustainable phosphate production methods and en-
couraging the adoption of eco-friendly practices can help minimize the industry’s overall
environmental impact.

4.2. Statistical Parameters and Correlation Matrix

The results of the PCA of two seasons, winter and summer, are summarized in Table 3.
The binary relationship and the correlation coefficients between the different variables are
given by the correlation matrix (Table 4).

Table 3. Statistical parameters of physico-chemical characteristics of groundwaters ((a) January 2020,
(b) June 2021).

EC
(μS·cm−1)

TDS
(mg·L−1)

Na+

(mg·L−1)
K+

(mg·L−1)
Ca2+

(mg·L−1)
Mg2+

(mg·L−1)
Cl−

(mg·L−1)
SO4

2−
(mg·L−1)

HCO3
−

(mg·L−1)
NO3

−
(mg·L−1)

January 2020 (a)

Average 5100 4933 928 6.5 386 226 1328 1751 282 32.5

SD 1541 885 286 2.73 61 42 408 158 76 18

Min 3700 3986 700 3.9 325 174 946 1500 211 10.1

Max 7100 6185 1400 10.54 497 300 1899 1899 437 60

CV% 30.2 18 31 42 15.77 18.62 30.75 9 27 55.56

June 2021 (b)

Average 5646 5073 997 7.58 390 229 1353 1783 285 29

SD 1223 755 244 2.23 58 25 311 173 57 12.3

Min 4000 4394 780 4.4 310 200 1040 1630 211 14.4

Max 7200 6603 1420 9.7 488 264 1900 2100 394 48.3

CV% 21.66 14.88 24.47 29.18 14.95 10.93 23 9.71 19.94 43

CV: coefficient of variation, Min: minimum; Max: maximum, SD: standard deviation; EC: electrical conductivity;
TDS: total dissolved solid.
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Table 4. Correlation matrix of the physico-chemical characteristics of the groundwater in the mining
basin of Gafsa ((a) January 2020; (b) June 2021).

(a)

CE
(μS·cm−1)

TDS
(mg·L−1)

Na+

(mg·L−1)
K+

(mg·L−1)
Ca2+

(mg·L−1)
Mg2+

(mg·L−1)
Cl−

(mg·L−1)
SO4

2−
(mg·L−1)

HCO3
−

(mg·L−1)
NO3

−
(mg·L−1)

CE (μs·cm−1) 1

TDS (mg·L−1) 0.960257 1

Na+ (mg·L−1) 0.948736 0.898261 1

K+ (mg·L−1) 0.639910 0.561176 0.765793 1

Ca2+ (mg·L−1) 0.389599 0.552566 0.222530 0.001241 1

Mg2+ (mg·L−1) 0.646318 0.644785 0.642620 −0.040302 0.419687 1

Cl− (mg·L−1) 0.966586 0.987053 0.935567 0.63150 0.459418 0.610774 1

SO4
2− (mg·L−1) 0.658052 0.791295 0.505068 0.183585 0.615489 0.645925 0.704453 1

HCO3
− (mg·L−1) 0.415895 0.565311 0.279600 0.024971 0.976418 0.404011 0.496045 0.512013 1

NO3
− (mg·L−1) 0.018844 0.018501 −0.033818 −0.275180 −0.306015 0.478721 0.091080 −0.013506 −0.237463 1

(b)

CE
(μS·cm−1)

TDS
(mg·L−1)

Na+

(mg·L−1)
K+

(mg·L−1)
Ca2+

(mg·L−1)
Mg2+

(mg·L−1)
Cl−

(mg·L−1)
SO4

2−
(mg·L−1)

HCO3
−

(mg·L−1)
NO3

−
(mg·L−1)

CE (μs·cm−1) 1

TDS (mg·L−1) 0.631522 1

Na+ (mg·L−1) 0.78406 0.937732 1

K+ (mg·L−1) 0.436903 0.368669 0.547816 1

Ca2+ (mg·L−1) −0.02407 0.574666 0.286034 −0.16743 1

Mg2+ (mg·L−1) 0.004762 0.604856 0.392455 −0.07183 0.50503 1

Cl− (mg·L−1) 0.652598 0.936914 0.961069 0.585113 0.298669 0.572488 1

SO4
2−(mg·L−1) 0.410439 0.828729 0.637077 −0.11055 0.848166 0.524135 0.58587 1

HCO3
−(mg·L−1) 0.150898 0.661284 0.427053 −0.09422 0.937969 0.501414 0.400993 0.853222 1

NO3
− (mg·L−1) −0.01437 0.167201 0.149081 −0.15447 −0.24711 0.64831 0.312676 −0.03033 −0.27571 1

The PCA was performed to analyze water sampled on the entire study area to highlight
the possible associations between the different variables and the possible existence of the
sub-populations of anions and cations. PCA is a dimensionality reduction method that
allows the identification and visualization of underlying structures in multivariate data. It
transforms the original variables into a set of new variables known as principal components,
which explain the maximum possible variance in the data.

In our analysis, we applied PCA to simplify the interpretation of the relationships
between the different studied variables, reducing data complexity while retaining essential
characteristics. This approach enabled us to better understand variation patterns and
evaluate the main sources of contamination and the chemical elements responsible for the
mineralization of water in the phosphate basin.

The statistical characterizing of the distribution of the major elements was calculated
for each of the physicochemical variables (Table 3)

The coefficient of variation (CV) and the standard deviation ratio divided by the
arithmetic mean are parameters used to measure the dispersion of a series of observations
of a variable around its arithmetic mean. If the value of the CV is less than 50%, the
observed variable has a homogeneous distribution around its arithmetic mean, whereas
if the value of the CV is greater than 50%, the observed variable has a heterogeneous
distribution around its arithmetic mean [29].

The results indicate a homogeneous geographical distribution of physicochemical
parameters (EC and TDS) and major ions, with a coefficient of variation (CV) below
50% (Table 3). However, the nitrate anion (NO3

−) exhibits a heterogeneous geographical
distribution, with a CV exceeding 50% (Table 3a) during the two sampling periods.

A correlation matrix in which 10 parameters characterizing the analyzed waters of
two seasons, January 2020 and June 2021, are involved is presented in Table 4. Significant
associations between the various parameters, reflecting the links between the studied
variables, are given by this matrix. The PCA shows that the major ions are well correlated
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with EC and TDS. However, the strong correlation between the contents of major ions
reveals that the total mineralization of water is mainly due to these elements that increase
the salt load. On the other hand, the nitrate ion (NO3

−) (Table 4 contents are the least
correlated with the salt load.

Table 4 shows a strong positive correlation between sodium and chloride (R = 0.93
and 0.96; Tables 4a and 4b, respectively), in the mining basin. This correlation reflects a
proportional evolution between these two major elements in all sampling points. Therefore,
these elements appear to share a common origin of mineralization, likely stemming from
the dissolution of halite [38].

The good correlation between SO4
2− and Ca2+ (R = 0.61 and 0.84; Tables 4a and 4b,

respectively), shows that the two chemical compounds have common origins, e.g., the
dissolution of gypsum (CaSO4, 2H2O), or anhydrite (CaSO4).

A good correlation (R = 0.97 and 0.93; Tables 4a and 4b, respectively), is noticed
between Ca2+ and HCO3

−.
Calcium and magnesium exhibit an average correlation (R = 0.41 and 0.50; Tables 4a

and 4b, respectively). Furthermore, the dominance of calcium over magnesium is evident
at all sampling points (Table 1a,b).

Eigenvalues and Variance

Table 5 shows the eigenvalues, the expressed variances for each factor, and their
accumulation. Factor F1, with an expressed variance of 57.5% for the winter season of
January 2020 and 52% for the summer season of June 2021, is the most important of all,
followed by factors F2 and F3, with, respectively, 18.75% and 16% for January 2020 of the
expressed variance and 23% and 16.57% for June 2021. The cumulative variance expressed
is 92.23% for the three factors for January 2020 and 91.51% for June 2021.

Table 5. Eigenvalues and variance expressed by the main axes.

January 2020 June 2021

F1 F2 F3 F1 F2 F3

Eigenvalue 5.749703827 1.874768305 1.599105973 5.198406086 2.29595319 1.657048015

Variability% 57.49703827 18.74768305 15.99105973 51.98406086 22.9595319 16.57048015

Cumulative% 57.49703827 76.24472132 92.23578105 51.98406086 74.94359275 91.5140729

These factorial axes chosen for this statistical analysis are, therefore, representative
of the variance of the whole data set. The factorial plans F1–F2 and F1–F3 represent
cumulative variances equal to 76.1% and 74.8% and 74.8% and 68.5%, respectively. These
two plans not only represent almost the same cumulative variance but also integrate enough
representativeness to highlight the general trends. Since the different results are almost the
same, only those of the F1–F2 design have been presented because this design more clearly
distinguishes the trends.

The analysis of the results of the PCA of the space of the variables of the factorial plan
F1–F2 shows that the factor F1, the most important (57.4% and 51.9%; Figures 6a and 6b,
respectively), is determined by Ca2+, Na+, Mg2+, SO4

2−, HCO3
−, TDS, CE, and Cl−,

(Figure 6a,b). The F1 factor, therefore, groups together the bulk of the chemical elements
and the electrical conductivity. The proximity of these variables in the community circle
shows that they control the phenomenon of putting the mineral elements into a solution.
These variables highlight a slow process of dissolution of the ions. Thus, the F1 factor
seems to account for the conditions of acquisition of the water chemistry. It explains
the phenomenon of mineralization residence time. Most of the variables are positively
correlated with this phenomenon showing that the main phenomenon at the origin of the
mineralization of the groundwater in the region is dissolution. This dissolution is due to
the contact during a sufficient residence time of the water with the surrounding geological
formations. Factor F2 (Figure 6), accounting for 18.7% and 22.9% of the inertia of the sample
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point cloud, is influenced by the elements NO3
− and K+. These results show that the F2

factor is not related to the hydrolysis phenomenon but rather to the redox phenomenon.

Figure 6. Variables space of the factorial plane (“F1–F2 ((a) January 2020; (b) June 2021”).

The PCA community circle (Figure 6) serves as a graphical representation in the
statistical unit space, depicting the distribution of water points based on the various F1–F2
factors, revealing two primary groupings of water points.

These two factors, F1–F2, can also be grouped into two classes. Class 1 encompasses
the major elements that are well correlated with electrical conductivities (EC) and total
dissolved solids (TDS) sulfate, chloride, sodium, magnesium, and calcium), as depicted
in (Figure 6). Conversely, Class 2 includes major elements with a weaker correlation with
(TDS) and (EC) (nitrate, potassium), as shown in (Figure 5).

The concentrations of Pb, Mn, Zn, Cr, Fe, and Al in the analyzed water samples fell
for winter (January 2020) and summer (June 2021) within the regulatory limits established
by the WHO (2011) during the two sampling campaigns. Conversely, fluoride (F−) con-
centrations exhibited values ranging from (1.6 mg·L−1 to 2.9 mg·L−1) in the winter of
January 2020 and (1 to 2.9 mg·L−1) in the summer of June 2021 (Table 2) surpassing its
WHO limit (1.5 mg·L−1) in almost all water samples. According to (Table 2), it is observed
that the M’étlaoui zone (Borehole 1) and the M’dhilla zone (Borehole 7) are characterized
by a high concentration of fluoride, with respective values of (2.1 and 2.9 mg·L−1) for
January 2020 and (2.4 to 2.9 mg·L−1) for June 2021 season. On the other hand, a lower
concentration is observed in the Moulares and Redeyef zones (Table 2). These elevated
fluoride concentrations in these zones are attributed to high TDS values. These boreholes
are near the phosphate industry, explaining the high TDS concentration resulting from
overexploitation of the aquifer by the phosphate industry.

These findings align with [46], who investigated fluoride concentrations in drinking
water and revealed that the fluoride concentration in drinking water in the Metlaoui
and Redeyef regions ranged from 2.2 to 3.39 mg·L−1. Furthermore, [44,45] conducted
comprehensive fluoride health risk assessments and revealed that the fluoride concentration
in groundwater in the Gafsa regions is (2.22; 1.27; 2.22 mg·L−1) surpassing its WHO limit.
They highlighted that groundwater in Southern Tunisia, notably in Gafsa, naturally contains
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elevated fluoride levels due to geological factors. In contrast, northern and central areas
exhibit lower concentrations, falling short of meeting WHO water quality standards.

The elevated levels of fluoride in drinking water have become a focal point of extensive
scientific investigation at both national and international levels. That is why a water
purification program for the mining basin is strongly recommended, especially for domestic
use and particularly as drinking water.

5. Conclusions

In conclusion, this study highlights the groundwater quality in the Mio-Plio-Quaternary
aquifer of the Gafsa mining basin, using a hydrochemical approach and multivariate statis-
tical methods based on PCA to assess the mineralization processes of these waters.

The hydrochemical study of the Gafsa basin groundwaters, conducted during both
the winter and summer seasons, has shown that these waters are characterized all year
round by the dominance of the Na-Ca-Mg-SO4-Cl facies.

The interpretation of major ion analyses indicates that mineralization is influenced
by the prolonged interaction of water with geological formations. This highlights the
predominant role of dissolution (calcite, dolomite, gypsum, and halite) and infiltration in
the high mineralization of groundwater at a regional scale.

The results of the PCA represent two correlation classes. Class 1 comprises major
elements strongly correlated with electrical conductivity (EC) and total dissolved solids
(TDS)—sulfate, chloride, sodium, magnesium, and calcium. Thus, these strong correlations
among these major elements are attributed to high mineralization in the waters of the basin.
Class 2 includes major elements with a weaker correlation with (TDS) and (EC)—nitrate
and potassium. These two elements do not play a role in the mineralization phenomenon.

The levels of heavy metals in the groundwater of the Gafsa mining basin do not exceed
the WHO limits. However, the presence of fluoride in this basin’s groundwater exceeds the
WHO limits [47]

These observations suggest a high degree of mineralization, rendering the investigated
waters unsuitable for human consumption. These implications underscore the importance
of carefully considering alternative water sources and implementing robust purification
processes in the studied region. Furthermore, this study provides valuable insights into
groundwater management in similar areas, highlighting the importance of implementing
appropriate management strategies to ensure water quality and protect public health.
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Abstract: This study aims to assess the vulnerability of groundwater in the Nile Delta
to contamination and evaluate its suitability for drinking and irrigation. A total of
28 groundwater wells (ranging from 23 to 120 m in depth) and two Nile surface water
samples were analyzed for total dissolved solids (TDS), heavy metals, groundwater quality
index (GWQI), and hazard quotient (HQ). The findings reveal that deep groundwater
(60–120 m) displays paleo-water characteristics, with low TDS, total hardness, and minimal
heavy metal contamination. In contrast, shallow groundwater (<60 m) is categorized into
three groups: paleo-water-like, recent Nile water with elevated TDS and heavy metals, and
mixed water. Most groundwater samples (64%) are of the Ca-HCO3 type, while 28% are
Na-HCO3, and 8% are Na-Cl, the latter associated with sewage infiltration. Most ground-
water samples were deemed suitable for irrigation, but drinking water quality varied
significantly—4% were classified as “excellent”, 64% as “good”, and 32% as “poor”. HQ
analysis identified manganese as a significant health risk, with 56% of shallow groundwater
samples exceeding safe levels. These findings highlight the varying groundwater quality in
the Nile Delta, emphasizing concerns regarding health risks from heavy metals, particularly
manganese, and the need for improved monitoring and management.

Keywords: Nile Delta aquifers; heavy metal pollution; groundwater quality index (GWQI);
manganese contamination; paleo-groundwater

1. Introduction

Groundwater is a vital source of potable water, particularly in arid and semi-arid
regions, where it serves as a critical resource for drinking, irrigation, and industrial pur-
poses [1,2]. However, its vulnerability to contamination is increasing due to urbaniza-
tion, limited recharge from surface water, and various anthropogenic activities. Com-
mon sources of groundwater degradation include the leakage of uncontrolled domestic

Hydrology 2025, 12, 72 https://doi.org/10.3390/hydrology12040072
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sewage and sanitation systems [3–6], industrial and mining contamination [7–11], landfill
leachates [5,12–15], and contamination from surface water bodies [5,16–20]. Additionally,
agricultural practices, such as waterlogging, cause soil salts and agrochemicals to leach into
groundwater, especially in flood irrigation systems [7,21–25]. The chemical composition
of groundwater significantly affects its usability for drinking. Major ions such as Ca2+,
Na+, and K+ influence its taste, but heavy metal contamination is one of the most pressing
concerns for both environmental and public health [26]. While trace metals such as Fe, Mn,
Cu, and Zn are essential nutrients at low concentrations, they can be toxic at high levels,
whereas metals like As, Cr, and Pb are toxic even at low concentration [27].

The suitability of groundwater for various purposes (drinking, agriculture, and in-
dustrial supply) can be assessed using a variety of geochemical methods. Major ions, as
well as stable isotopes of oxygen, hydrogen, and carbon, offer valuable insights into the
water’s origin, recharge zones, and factors influencing the aquifer system [17,25,28–35].
Other techniques, such as statistical processing and water quality indices, help analyze
the interrelationships between water constituents and provide estimates of overall water
quality [36–38].

In the Nile Delta, Egypt, groundwater is the primary drinking water source, partic-
ularly for rural inhabitants who rely on municipal boreholes or private hand-dug wells.
Many households, especially in the Middle Nile Delta, use shallow wells (less than 30 m
deep) to extract water for both drinking and irrigation, with the latter consuming substantial
amounts of water. Groundwater contamination in the Nile Delta has become a significant
issue which is not adequately addressed or controlled [22,25,39–43]. The main sources
of contamination in this region are (1) waterlogged soil that affects shallow groundwater
quality, (2) inadequate sanitation systems in some villages, and (3) untreated industrial
waste discharges into rivers. These contaminants infiltrate the groundwater through down-
ward percolation, affecting both shallow and deeper aquifers. Consequently, assessing
groundwater quality and its vulnerability to contamination in this region is essential.

The novelty of this study lies in its comprehensive approach to evaluating the hy-
drogeochemical characteristics of groundwater in the Middle Nile Delta. By combining
traditional hydrogeochemical analyses with advanced stable isotope techniques (oxygen
and hydrogen), this study aims to provide a more thorough understanding of groundwater
recharge, contamination sources, and health implications. This integrated approach also
facilitates the identification of heavy metal contamination, specifically targeting arsenic
(As), chromium (Cr), lead (Pb), and manganese (Mn), all of which pose serious environ-
mental and health risks. This study is unique in its investigation of these contaminants in
the Middle Nile Delta, an area with limited previous research on this specific issue [44–50].

The problem statement of this study focuses on the contamination of groundwater
by heavy metals in the Middle Nile Delta. Arsenic, chromium, lead, and manganese were
chosen as target pollutants due to their widespread occurrence in the region and their
known health impacts. Arsenic, chromium, and lead are recognized carcinogens, while
manganese, although an essential nutrient, can become toxic at higher concentrations.

The methodology used to assess these pollutants includes both hydrogeochemical
analyses and stable isotope techniques. Hydrogeochemical analyses provide valuable data
on the concentration and distribution of major ions and heavy metals, offering insights into
contamination levels and potential sources. However, these analyses are limited in their
ability to detect long-term contamination trends or to account for complex interactions
between pollutants. Stable isotope techniques, specifically those involving oxygen and
hydrogen, provide crucial information on groundwater recharge sources, flow paths, and
age, which helps trace how contaminants enter the system. Despite their powerful insights,
isotopic methods are more resource-intensive, requiring specialized equipment and ex-
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pertise, which can limit their accessibility for routine analysis. Despite these challenges,
combining both techniques offers a holistic understanding of groundwater quality in the
Nile Delta, providing essential data for improved management strategies.

This study aims to bridge critical gaps in understanding groundwater quality in the
Middle Nile Delta by assessing contamination levels and health risks using a combination
of geochemical and isotopic methods. The findings will contribute significantly to water
resource management, environmental protection, and public health efforts in the region.

Study Area

The Nile Delta covers an area of about 25,000 km2 in Northern Egypt and is located
~20 km north of Cairo (Figure 1). The study wells are in the middle part of the Nile Delta
between latitudes 30◦45′ and 30◦57′ N and longitudes 30◦45′ and 31◦05′ E in an area of
about 720 km2. This area is mainly cultivated and intersected by a web of sealed roads that
interconnect between major industrial and commercial centers, e.g., the cities of Tanta and
Kafr El Zayat, which are considered the heart of the Nile Delta with many surrounding
villages and hamlets.

 

Figure 1. Study area in the Nile River Delta (Egypt) with sampling locations.

From a geological and hydrogeological point of view, the Nile Delta is covered by the
soil of the Holocene alluvial plain. The sedimentary sequence of the Nile Delta basin is
subdivided into three sedimentary cycles [51] of Miocene, Plio-Pleistocene, and Holocene
age. Subsequently, the Plio-Pleistocene and Holocene sequences are subdivided into two
rock units, the Bilqas Formation underlain by the Mit Ghamr Formation. These two
formations constitute the primary aquifer of the Nile Delta [36,39].

The Bilqas Formation represents an organic-rich agricultural soil plain with predomi-
nantly fluvisols that consist of mixed clay and silty clay fluviatile sediments deposited by
overbank flooding with an approximate accumulation rate of 5 mm per year [52] and a
thickness in the study area that ranges from 10 to 23 m [36,53]. The thickness decreases with
increasing distance from the main Nile branches and reaches its lowest thickness towards
the middle part of the study area. Interbedded within this layer are silt and sand lenses
with a thickness between 3 and 5 m.
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The underlying Mit Ghamr Formation of Plio-Pleistocene age is the main water-bearing
formation in the Middle Nile Delta aquifer [36,39], with thicknesses that range from 500 to
700 m [54]. It is composed of graded sand and gravel with thin interbedded clay layers.
These clay layers divide the primary aquifer into several connected and disconnected
minor aquifers [55]. The Mit Ghamr Formation is considered a leaky aquifer in the Middle
Nile Delta area, which is overlain by and hydraulically connected to the aquitard of the
semi-pervious Bilqas Formation [37,56].

The groundwater flows from the southeast to the northwest following the Nile Delta
topographic slope, with an average hydraulic gradient of 11 cm/km [57]. Discharge occurs
freely northward to the Mediterranean Sea and the Rosetta branch of the Nile River and
artificially by municipal and private wells. After the Aswan High Dam construction be-
tween 1960 and 1970, the piezometric levels of the aquifer ranged from 2 to 8 m above sea
level (m.a.s.l.) and 0.5 to 5.0 from the ground surface [58]. According to Salem [59] and Ma-
soud [60], extensive recharge from unsewered villages and irrigation water combined with
the limited permeability of the surface clay layer leads to saturated infiltration conditions
and waterlogged soils in large parts of the study area.

2. Materials and Methods

2.1. Field Work and Laboratory Analyses

A 28 groundwater samples were collected from wells with depths ranging between
25 and 120 m. The groundwater sampling protocol involved collecting 28 groundwater
samples and two surface water samples using pre-cleaned polyethylene bottles, which were
rinsed with sample water before collection. Sub-samples for heavy metal analysis were
acidified with nitric acid to pH < 2, while others were kept at 4 ◦C to preserve their integrity
until analysis. Major anions were determined using ion chromatography (Thermo Dionex
ICS 2000), Sunnyvale, CA, U.S.A and major cations and trace metals were analyzed by
ICP-MS (Thermo iCAP-Q), Bremen, Germany. Calibration was performed using standard
solutions, and quality control measures included the use of blanks, duplicates, and certified
reference materials to ensure accuracy and precision.

Groundwater samples were selected across different land use types: cultivated, res-
idential, and industrial areas. Additionally, two surface water samples from the Nile
River were collected for comparative analysis. The coordinates of the sampling sites were
recorded using a portable GPS device (Figure 1). The following physicochemical parame-
ters were measured directly in the field using a multi-parameter portable instrument (YSI
model 63): temperature (T), pH, electrical conductivity (EC), and total dissolved solids
(TDS), the latter being calculated from EC. The wells were hand-pumped for 10–15 min
before sampling to ensure that the measured parameters were stabilized. The total hardness
(TH) of the groundwater was calculated according to the formula suggested by Sawyer
et al. [61]:

TH(asCaCO3)mg/L =
(

Ca2+ + Mg2+
)

meq/L × 50 (1)

Major anions were analyzed using ion chromatography (Thermo Dionex ICS 2000),
while major cations and trace metals were determined by inductively coupled plasma-mass
spectrometry (ICP-MS) (Thermo iCAP-Q). For isotopic analysis, the oxygen and hydrogen
isotope ratios in the water samples were measured using wavelength-scanned cavity ring-
down infrared spectroscopy (CRDS), employing a Picarro L1102-i instrument, which was
coupled with a vaporization module. Post-run data corrections were applied according to
the methodology described by van Geldern and Barth [62]. Isotopic results are reported
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in the conventional delta (δ) notation, calculated with respect to Vienna Standard Mean
Ocean Water (V-SMOW) and expressed in per mil (‰):

δ= (
Rsample

Rre f erence
− 1) (2)

where R represents the 18O/16O or the 2H/1H stable isotope ratios [63]. The external
reproducibility for the isotope measurements was found to be better than 0.1‰ for δ18OH2O
and δ2HH2O, as determined by control standards.

All chemical analyses were performed at Geozentrum Nordbayern (GZN), Erlangen, Germany.

2.2. Groundwater Quality Assessment

The groundwater quality index (GWQI) was used to assess the suitability of the ground-
water for drinking purposes. The GWQI was calculated using the following equation [64]:

GWQI = ∑ SIi = ∑ (Wi + qi) = ∑

⎛
⎜⎜⎝
⎛
⎜⎜⎝ wi

n
∑

i=1
wi

⎞
⎟⎟⎠×

(
Ci

Si
× 100

)⎞
⎟⎟⎠ (3)

where Ci is the concentration of each parameter, Si is the limit values concerning WHO
standards [26], wi is the assigned weight according to its relative importance in the overall
quality of water for drinking purposes (Table 1), qi is the water quality rating, Wi is the
relative weight, and SIi is the subindex of ith parameter. In this study, the parameters
that have been considered are pH, TDS, Na+, Mg2+, Ca2+, Cl−, SO2−

4 , Mn, Fe, Cu, Zn, As,
and Pb.

Table 1. Relative weight of chemical parameters in the groundwater quality index (GWQI).
* WHO—World Health Organization [26].

Parameter WHO * Standards Weight, wi Relative Weight, Wi

pH 7 3 0.06
TDS (mg/L) 500 5 0.11
Na+ (mg/L) 200 2 0.04

Mg2+ (mg/L) 30 3 0.06
Ca2+ (mg/L) 75 3 0.06
Cl− (mg/L) 250 5 0.11

SO2−
4 (mg/L) 250 4 0.09

Fe (mg/L) 0.3 4 0.09
Mn (mg/L) 0.4 4 0.09
Cu (mg/L) 2 2 0.04
Zn (mg/L) 5 3 0.06
As (mg/L) 0.01 4 0.09
Pb (mg/L) 0.01 5 0.11

∑wi = 47 ∑Wi = 1.0
* World Health Organization.

Suitability for irrigation. Assessment of the suitability of groundwater for agricultural
irrigation purposes is vital for soil productivity and crop yield [65]. In this study, the
sodium percentage (Na%) parameter is applied to assess the suitability of the groundwater
for irrigation, which is expressed as follows [56]:

Na % =
Na+ + K+

Na+ + K+ + Ca2+ + Mg2+×100 (4)
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2.3. Health Risk Estimation

The human health risk from heavy metals in drinking water was evaluated following
established protocols [66–69]. Health risks from ingestion were considered the primary
pathway, as inhalation and dermal contact were deemed negligible. The hazard quotient (HQ)
for each heavy metal was calculated using the formula from the US EPA model [70–72]:

HQ =
ADD
R f D

(5)

with
ADD =

C × IR × EF × ED
BW × AT

(6)

where ADD is he average daily dose (mg/kg-day), RfD is the reference dose for different
metals, USEPA, 2012 [73], C is the concentration of the heavy metal in groundwater (mg/L),
IR is the intake rate (2 L/day), EF is the exposure frequency (365 day/year), ED is the
exposure duration (in this study, 60 years), BW is the average body weight (70 kg), and AT
is the averaging time for non-carcinogens (21,900 days). An excess risk exists when the HQ
is greater than 1.

3. Results

Table 2 lists the physicochemical properties, major and trace element concentrations,
and stable isotope values of the analyzed surface and groundwater in the studied area.

3.1. Physicochemical Parameters (pH, Eh, TDS, and TH)

The pH values of the groundwater wells ranged from 7.4 to 8.2 for different ground-
water samples. These values were comparable to the Nile River water samples’ pH, which
was between 8.0 and 8.2. As the WHO prescribes, the allowable pH limit for drinking water
is 6.5 to 8.5 [26].

Along with pH, Eh is the other physicochemical parameter affecting elemental mobility.
In shallow groundwater wells, Eh values ranged from −14 mV to +23 mV, indicating the
water is weakly reducing to weakly oxidizing. The low Eh values may be attributed to the
waterlogging problem, where the reduction processes in waterlogged soils result from the
anaerobic respiration of soil bacteria [73].

The total dissolved solids (TDS) ranged between 275 and 1274 mg/L, while the deep
groundwater wells showed values from 288 to 608 mg/L. The high concentration values
were observed in the southeastern and western sections of the study area. In contrast,
the Nile River samples had lower TDS values (279 and 394 mg/L). The TDS values of
64% of the shallow groundwater wells were in critical condition according to the US EPA
permissible limit (500 mg/L).

The values of total hardness (TH) of groundwater wells ranged from 126 to 496 mg/L
CaCO3 and indicate that the studied groundwater falls into the hard water category
(>120 mg/L CaCO3; WHO, 2011). TH was higher in the shallow (average 299 mg/L) than
the deep groundwater (average 210 mg/L) and surface Nile water (140 and 177 mg/L). A
range of epidemiological evidence has demonstrated the relationship between health risk
and long-term consumption of hard water. Its effects on human health include cardiovas-
cular disease, cerebrovascular mortality, central nervous system malformations, childhood
atopic dermatitis, digestive health and constipation, bone mineral density, and urolithiasis
and kidney stones [74–77].
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3.2. Major Ions

Chloride concentration varied between 17.5 and 250 mg/L for the shallow groundwa-
ter wells, whereas the deeper wells (depth > 60 m) showed higher chloride concentrations
(avg. 175 mg/L) compared to wells with depths of 100 m (23 mg/L) and 120 m (25 mg/L).
In Nile River water, the average chloride concentration was 34.5 mg/L. Leaching of soil and
domestic and municipal effluents are the potential main sources of chloride. For all studied
wells, the chloride concentration is below the WHO and Egypt’s national permissible limit
of 250 mg/L [26].

Chloride and sulfate concentrations ranged widely from 0.6 to 280 mg/L in the shal-
low groundwater, whereas deeper wells generally displayed lower concentrations (0.6 to
15.0 mg/L).

Except for a single well (no. 18; Figure 1), all studied groundwater possesses SO2−
4

content below the permissible limit of 250 mg/L. The surface water of the Rosetta branch of
the Nile River had a higher sulfate content (44.5 mg/L) than the Damietta branch (27 mg/L)
(Figure 1). This probably reflects the impact of industrial wastewater discharging from the
chemical industry factories along the Nile River Rosetta branch.

The HCO3
− concentration varied between 163 and 680 mg/L in the studied ground-

water. The shallow groundwater wells displayed relatively high concentrations (avg.
388 mg/L) compared to the deep wells (avg. 210 mg/L) and Nile water samples (avg.
222 mg/L).

The concentrations of Ca2+, Na+, K+, and Mg2+ were in the range of 38–130, 28–260,
2.1–41, and 27.8–47 mg/L for the water in shallow wells and 34–48, 16–53, 3.2–6.2, and
10–28 mg/L for the water in deep wells, respectively. Except for Na+ in shallow ground-
water wells, the other major cations are within the permissible limits of Egypt’s national
standards. Concerning Na+, two shallow groundwater wells (nos. 4 and 19) have critical
values of 200 and 260 mg/L, respectively, which are above the acceptable limit of 200 mg/L.
Lower sodium levels in drinking water (30–60 mg/L) are essential for human health, but
high levels can cause hypertension [78].

The Piper diagram [79] has been frequently applied to investigate the hydro-chemical
facies of groundwater wells, the evolution of phreatic water and understanding the
hydro-chemical characteristics, as well as the formation mechanism of groundwater (Lu
et al., 2010). The relative abundance of anions and cations is HCO−

3 > SO2−
4 > Cl− and

Ca2+ > Na+ > Mg2+ > K+, respectively, for most of the studied wells. The Piper diagram
(Figure 2) indicates that deep wells and most of the shallow wells (64%) are of the Ca-HCO3

type, while the other samples (28%) are of the Na-HCO3 type. Wells nos. 18 and 20 are of
the Na-Cl type, which suggests that the shallow groundwater in the western part of the
study area might be affected by sewage infiltration. The Na-HCO3 water type may indicate
an ion exchange between sodium-rich soil and the infiltrating surface water with higher
calcium and magnesium concentrations [59].
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Figure 2. Piper plot of surface water and groundwater samples collected from the central area of the
Nile Delta.

3.3. Stable Isotopes

The δ18O and δ2H values of the shallow hand-pumped water samples (Figure 3)
correlate along a regression line with δ2H = 6.6 × δ18O + 5.6. The oxygen and hydrogen
isotopes of the water molecule can be used to categorize the sampled water into two main
groups representing (1) surface water and (2) deep groundwater endmembers (Figure 3).
The surface water was enriched in the heavy isotopes, showing δ2H values of ~+20‰ and
δ18O values from +2.2 to +2.5‰. In contrast, the deep groundwater samples ranged from
+1.4 to +8.9‰ for δ2H and between −0.5 and +0.5‰ for δ18O.

The samples from the deep well plot in the paleo-water field represent the isotopic
signature of the Nile River before the completion of the first stage of the Aswan High
Dam in 1964 [32,59,80,81]. The broader range of isotope values for the deep wells might
indicate that portions of paleo-groundwater, formed under cooler and more humid climatic
conditions in the Pleistocene aquifer of the floodplain, are admixed here [82].

The higher isotope values of the shallow groundwater can be attributed to the exten-
sive evaporation processes in Lake Nasser, the Aswan High Dam reservoir, with losses of
about 19% of lake water [83], and through the circulation of different irrigation canals [32].
This process enriches the heavy stable isotopes 2H and 18O in the surface (recent Nile)
water [83–85].
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Figure 3. Plot of δ18O and δ2H for groundwater from the Nile Delta aquifer system with plots of the
GMWL according to Rozanski et al. [86] and Nile LPW according to Awad et al. [87].

Figure 3 shows, however, that the shallow groundwater wells can be categorized into
three categories: (1) wells with the same isotopic characteristics as deep groundwater (nos.
1, 8, 14, 17, and 36), (2) wells that displayed the same isotopic characteristics as recent Nile
water (sample nos. 9, 10, 28, and 34), and (3) mixed water samples that fall along a mixing
line between both endmembers. Water samples with isotope values higher than recent
Nile water indicate direct recharge from surface irrigation water subject to evaporation
before infiltration or from recycling drainage water [29,32,88]. After infiltration, further
evaporation of soil water is suspected because of the rising water table during the last few
decades, particularly after the completion of the first stage of the Aswan High Dam in 1964.

The spatial distribution pattern of the oxygen and hydrogen isotope ratios (Figure 4)
indicates that the recent Nile water is distributed in the study area’s western, southern,
and eastern parts. On the other hand, the aquifers holding older water are in the northern,
central, and southeastern parts, while aquifers with mixed recharged water are located in
between. This pattern most probably reflects the spatial distribution of impermeable clay
lenses within the Mit Ghamr Fm [36]. The presence or absence of such clay lenses tends to
subdivide the main aquifer into sub-restricted or perched aquifers with variable portions
of recent Nile water. Samples of paleo-water and recent Nile water are both Ca-HCO3 type,
while most mixed water samples belong to the Na-HCO3 and Na-Cl water types.
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Figure 4. Spatial distribution map of δ18O for shallow groundwater from the Nile Delta
aquifer system.

3.4. Heavy Metal Contents

The total concentrations of potentially toxic metals in the studied groundwater wells
are tabulated in Table 2.

Among the trace elements, Mn and Fe represent critical concentrations compared
to the acceptable limits. The manganese concentration in 80% of shallow groundwater
samples exceeds the WHO standard limit of 400 μg/L [26]. In shallow groundwater, the
Mn concentration ranges from 220 to 1700 μg/L, while in deep groundwater, it ranges
from 340 to 790 μg/L, whereas lower values of 72 to 98 μg/L were measured in Nile River
water. The spatial distribution of high Mn concentrations is related to the old and highly
populated residential areas in the study area’s western and southern parts suffering from
waterlogging problems.

Forty-four percent of the shallow groundwater exceeded the permissible limit of
300 μg/L. Fe concentrations ranged from 13 to 1100 μg/L in shallow groundwater, 160
to 210 μg/L in deep groundwater, and 100 to 400 μg/L in Nile River water. The spatial
distribution of the iron concentration suggests that the pattern is related to the land use
type, where the high Fe contents are related to cultivated lands, small unsewered villages,
and industrial areas such as Kafr El Zayat city.

The dissimilarity of the spatial distribution of Fe and Mn and the reverse correlation
between them (Table 3) indicates the different sources of these elements. Slow groundwater
runoff in the poorly drained cultivated lands and waterlogged soil of unsewered villages
provides appropriate conditions for the accumulation of soluble Fe and Mn. Reducing
Fe and Mn is one of the most critical chemical transformations in waterlogged soils [73].
The uppermost part of cultivated soil is enriched in Fe-organic content compared to urban
soil [89]. In addition, industrial activities may contribute in part to the excessive Fe.

On the other hand, the frequently occurring Mn concentration may indicate a pedo-
genic source rather than anthropogenic. The correlation between Mn and Ca2+, Mg2+, and
Sr suggests that Mn is strongly associated with carbonate minerals of the water-bearing
layer (Table 3). Under acidic and reducing conditions, the dissolution of Mn-carbonates
from poorly drained soils close to water channels and drains can be the primary source
of Mn.
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3.5. Water Quality Assessment

The calculated GWQI indicated that deep groundwater samples are categorized as
“excellent” to “good” quality for drinking water (Table 4). The GWQI values categorized the
samples into three categories for shallow groundwater samples, ranging from “excellent”
to “poor” water quality. Only 4% of the total wells show “excellent” quality, most of
the samples (64%) are categorized as “good” quality, and the rest (32%) exhibit “poor”
quality [64]. Spatially, there is no circumscribed distribution of “excellent”- and “good”-
quality samples for shallow wells (Figure 5). The eastern and southern parts of the study
area, which have waterlogged soils, are in critical condition. Poor-quality water wells
roughly correlated with the spatial distribution of high Mn concentration and enriched
stable isotope values. However, it is noted that a weak correlation (r = 0.56) exists between
GWQI values and isotope values. Water samples with higher, evaporative-enriched isotope
values display higher levels of substances found in samples with undesirable GWQI values.

Table 4. GWQI classification of the groundwater in the area studied.

S. No GWQI Water Type

1 77.2 Good water
2 85.4 Good water
3 82.2 Good water
4 118.9 Poor water
5 83.7 Good water
6 64.1 Good water
7 78.0 Good water
8 147.9 Poor water
9 83.0 Good water
10 169.2 Poor water
11 89.0 Good water
12 162.2 Poor water
13 54.0 Good water
14 155.4 Poor water
15 120.6 Poor water
16 76.1 Good water
17 52.9 Good water
18 165.9 Poor water
19 62.2 Good water
20 48.4 Excellent water
21 154.4 Poor water
22 90.6 Good water
23 94.8 Good water
24 110.0 Poor water
25 96.1 Good water
26 87.1 Good water
27 55.2 Good water
28 44.2 Excellent water

The methods used in Figures 4 and 5 likely involve spatial interpolation techniques
such as Kriging or inverse distance weighting (IDW) to visualize the distribution of δ18O
and groundwater quality index (GWQI) values across the study area. These techniques
are commonly used in hydrogeological studies to estimate values at unsampled locations
based on nearby measured data points.

For Figure 4, the distribution of δ18O values suggests that recent Nile water and
older groundwater are separated due to geological barriers, particularly impermeable clay
lenses within the Mit Ghamr Formation. The isotope analysis, typically conducted using
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mass spectrometry, helps differentiate water sources by identifying evaporation effects and
recharge origins [88].

For Figure 5, the groundwater quality index (GWQI) was calculated using a weighted
sum of key water quality parameters such as pH, total dissolved solids (TDS), Mn concen-
tration, and major ions. The spatial mapping of GWQI values likely employed geographic
information system (GIS) tools to identify areas with poor water quality, which correlated
with high Mn concentrations and isotope enrichment.

These findings align with previous hydrogeological studies that emphasize the role of
aquifer heterogeneity in water quality variations [89,90].

Figure 5. Spatial distribution map of GWQI in the Central Nile Delta groundwater.

3.6. Irrigation Suitability

Wilcox [56] suggested a graphical method based on the sodium percentage parame-
ter (Na%) for irrigation purposes. Sodium percentage values classify the water into five
classes: ‘excellent’ (<20 Na%), ‘good’ (20–40 Na%), ‘permissible’ (40–60 Na%), ‘doubtful’
(60–80 Na%), and ‘unsuitable’ (>80 Na%). The Wilcox diagram (Figure 6) revealed that
40% of the samples belong to the excellent-to-good class and 50% are good to permissi-
ble, while 10% of the groundwater samples are categorized as permissible-to-doubtful
irrigation water.

3.7. Health Risk Assessment

The calculated values of health risk are listed in Table 5. HQ values ranked the heavy
metals in the order of Mn > Cr > Zn >As > Fe > Pb > Cu based on their detriments. Except for
Mn, the HQ values for the evaluated heavy metals were less than one, which indicates little
or no risk to residents. On the other hand, Mn shows HQ values indicating an unacceptable
non-carcinogenic health risk for 14 wells, representing 56% of the total shallow groundwater
wells, mainly located in the southern and western areas of the study region. Manganese
is an essential microelement in nutrition, and Mn deficiency (less than 0.1 mg/day) can
cause health problems (e.g., weight gain, glucose intolerance, blood clotting, skin problems,
lowered cholesterol levels, skeleton disorders, and congenital disabilities). It contributes to
maintaining healthy nerves, the immune system, and helps reduce blood sugar regulation
symptoms [91].
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Figure 6. Wilcox’s diagram illustrates the suitability of groundwater for irrigation based on electrical
conductivity and sodium percentage.

Table 5. Non-cancer health risk (HQ) from heavy metals in the water at each surface and groundwater
site (HQ values > 1.0 are shown in bold).

S No. Mn Fe Cu As Pb Cr Zn

1 9.57 × 10−1 2.57 × 10−2 8.91 × 10−4 4.76 × 10−2 1.91 × 10−2 5.00 × 10−2 1.62 × 10−2

2 9.86 × 10−1 3.43 × 10−2 3.90 × 10−4 4.76 × 10−2 3.97 × 10−3 1.07 × 10−1 2.10 × 10−1

3 9.57 × 10−1 5.72 × 10−2 3.57 × 10−4 5.71 × 10−2 4.45 × 10−3 6.38 × 10−2 2.95 × 10−2

4 1.43 3.90 × 10−2 3.57 × 10−4 4.76 × 10−2 3.97 × 10−3 7.82 × 10−2 8.48 × 10−2

5 1.10 6.07 × 10−3 7.67 × 10−4 4.76 × 10−2 6.80 × 10−3 9.36 × 10−2 4.60 × 10−2

6 5.86 × 10−1 2.29 × 10−2 3.57 × 10−4 4.76 × 10−2 3.97 × 10−3 9.11 × 10−2 2.48 × 10−2

7 7.57 × 10−1 4.00 × 10−2 4.00 × 10−4 4.76 × 10−2 3.97 × 10−3 4.76 × 10−2 4.38 × 10−1

8 2.43 1.81 × 10−3 9.14 × 10−4 4.76 × 10−2 3.97 × 10−3 4.76 × 10−2 1.23 × 10−3

9 6.57 × 10−1 9.43 × 10−2 3.57 × 10−4 6.88 × 10−2 4.29 × 10−3 2.08 × 10−1 4.95 × 10−2

10 7.57 × 10−1 2.29 × 10−2 4.12 × 10−2 4.76 × 10−2 7.49 × 10−2 6.65 × 10−2 6.00 × 10−2

11 7.57 × 10−1 6.10 × 10−2 3.28 × 10−3 4.76 × 10−2 3.97 × 10−3 9.25 × 10−2 2.19 × 10−2

12 2.29 5.46 × 10−3 1.83 × 10−3 4.76 × 10−2 3.97 × 10−3 4.76 × 10−2 5.71 × 10−2

13 5.86 × 10−1 1.71 × 10−2 3.57 × 10−4 4.76 × 10−2 8.28 × 10−3 6.67 × 10−2 4.95 × 10−2

14 2.43 9.52 × 10−3 6.38 × 10−4 4.76 × 10−2 5.01 × 10−3 4.76 × 10−2 1.52 × 10−1

15 1.86 2.76 × 10−2 3.57 × 10−4 1.37 × 10−1 3.97 × 10−3 4.76 × 10−2 9.04 × 10−2
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Table 5. Cont.

S No. Mn Fe Cu As Pb Cr Zn

16 9.01 × 10−1 1.28 × 10−3 7.63 × 10−4 4.76 × 10−2 9.32 × 10−3 6.88 × 10−2 2.67 × 10−2

17 5.14 × 10−1 3.24 × 10−2 4.65 × 10−4 4.76 × 10−2 3.97 × 10−3 1.48 × 10−1 1.43 × 10−2

18 2.14 4.29 × 10−2 7.65 × 10−4 4.99 × 10−2 7.91 × 10−3 1.19 × 10−1 1.33 × 10−1

19 7.43 × 10−1 1.43 × 10−2 6.51 × 10−4 5.99 × 10−2 5.86 × 10−3 1.27 × 10−1 3.90 × 10−2

20 3.15 × 10−1 1.61 × 10−3 1.56 × 10−3 5.08 × 10−2 3.97 × 10−3 4.76 × 10−2 3.71 × 10−2

21 1.86 1.05 × 10−1 4.12 × 10−3 9.30 × 10−2 1.73 × 10−2 1.82 × 10−1 8.00 × 10−2

22 1.39 1.79 × 10−3 3.57 × 10−4 4.76 × 10−2 3.97 × 10−3 4.76 × 10−2 3.81 × 10−2

23 1.21 4.86 × 10−2 6.22 × 10−4 4.89 × 10−2 1.49 × 10−2 5.54 × 10−2 5.50 × 10−3

24 1.57 3.52 × 10−2 3.57 × 10−4 4.76 × 10−2 5.03 × 10−3 4.76 × 10−2 1.53 × 10−2

25 1.43 2.04 × 10−3 3.57 × 10−4 4.76 × 10−2 3.97 × 10−3 4.76 × 10−2 1.43 × 10−2

Min. 3.15 × 10−1 1.28 × 10−3 3.57 × 10−4 4.76 × 10−2 3.97 × 10−3 4.76 × 10−2 1.23 × 10−3

Max. 2.43 1.05 × 10−1 4.12 × 10−2 1.37 × 10−1 7.49 × 10−2 2.08 × 10−1 4.38 × 10−1

Avg. 1.23 3.17 × 10−2 3.85 × 10−3 5.78 × 10−2 1.15 × 10−2 8.53 × 10−2 8.05 × 10−2

26 1.13 1.62 × 10−2 3.57 × 10−4 4.76 × 10−2 5.64 × 10−4 5.16 × 10−2 1.05 × 10−3

27 5.29 × 10−1 1.52 × 10−2 3.91 × 10−3 4.76 × 10−2 3.97 × 10−3 6.45 × 10−2 5.67 × 10−4

28 4.86 × 10−1 2.00 × 10−2 3.57 × 10−4 4.76 × 10−2 3.97 × 10−3 4.87 × 10−2 5.55 × 10−4

Min. 4.86 × 10−1 1.52 × 10−2 3.57 × 10−4 4.76 × 10−2 5.64 × 10−4 4.87 × 10−2 5.55 × 10−4

Max. 1.13 2.00 × 10−2 3.91 × 10−3 4.76 × 10−2 3.97 × 10−3 6.45 × 10−2 1.05 × 10−3

Avg. 7.51 × 10−1 1.73 × 10−2 1.78 × 10−3 4.76 × 10−2 2.61 × 10−3 5.56 × 10−2 7.54 × 10−4

RfD
Mg/kg/day 2.00 × 10−2 3.00 × 10−1 4.00 × 10−2 3.00 × 10−4 3.60 × 10−3 3.00 × 10−3 3.00 × 10−1

On the other side, it is toxic at higher concentrations (>300 μg/L, USEPA [92]), causing
Parkinson’s disease, hallucinations, forgetfulness, lung embolism and bronchitis, and
nerve damage [93], affects fertility in mammals, and is toxic to the embryo and fetus [94].
Manganese neurotoxicity results from an accumulation of metal in brain tissue [95,96].

It is worth mentioning that the intake of Mn by direct water consumption is not
the only source of ingestion. Residents could have deleterious health effects from Mn
bioaccumulation through the food chain since shallow groundwater is the primary drinking
water source for all domestic animals, including cattle, poultry, and other livestock.

The study acknowledges the importance of broadening the scope of health risk as-
sessment beyond manganese (Mn) to encompass other heavy metals. Future research will
aim to conduct a more comprehensive evaluation of cumulative exposure and potential
synergistic effects among multiple contaminants. Additionally, while the current analy-
sis primarily focuses on direct water consumption as the main exposure pathway, other
potential routes such as inhalation of aerosols, dermal absorption, and consumption of con-
taminated agricultural products will be explored to provide a more holistic understanding
of exposure risks.

Moreover, the study recognizes the need for demographic-specific analysis to account
for variations in susceptibility among different population groups, including children,
pregnant women, and the elderly. Incorporating these factors into future assessments will
enhance the accuracy of risk estimations. The temporal aspect of heavy metal concentrations
is another area for further investigation. Examining seasonal or temporal variations could
provide deeper insights into how exposure levels and associated health risks fluctuate
over time.

Lastly, the study highlights the need to propose practical mitigation measures along-
side identifying health risks. Future work will focus on recommending strategies to reduce
exposure, improve water quality, and safeguard public health, thereby enhancing the
study’s practical implications. These considerations will be prioritized in subsequent
research to address the limitations and strengthen the overall assessment.

222



Hydrology 2025, 12, 72

4. Discussion

The results of this study on the physicochemical characteristics of groundwater provide
valuable insights into the water quality of the region, and a comparison with the existing
literature enhances our understanding of regional trends. The pH values of groundwater in
this study ranged from 7.4 to 8.2, which is within the acceptable range for drinking water
as set by the World Health Organization (WHO), i.e., 6.5–8.5. This slight alkalinity is typical
of regions with limestone-dominated geology, where groundwater often interacts with
mineral deposits, leading to higher pH values. Similar pH values have been reported in
other groundwater studies in the Middle East and North Africa, with pH values ranging
from 7.2 to 8.5 in limestone-dominated aquifers [25]. The consistency in pH levels across
these studies suggests that the groundwater in the study area remains within a safe range
for consumption, with no immediate concerns for acidity or alkalinity that could affect
water quality.

The redox potential (Eh) in this study ranged from −14 mV to +23 mV, reflecting
a transition from reducing to weakly oxidizing conditions. These values suggest that
the shallow groundwater is influenced by organic matter and microbial activity, leading
to reducing conditions, while deeper groundwater exhibits weakly oxidizing conditions,
indicative of a more stable geochemical environment. Similar findings have been reported
in agricultural regions with organic-rich soils, where Eh values range from −50 mV to
+50 mV in shallow aquifers, and more oxidizing conditions are found in deeper aquifers [27].
The variation in Eh values highlights the dynamic nature of groundwater systems, where
microbial and organic processes in shallow aquifers significantly affect the redox conditions.

The total dissolved solids (TDS) concentrations in shallow groundwater ranged from
500 to 1200 mg/L, while deeper wells had lower concentrations, ranging from 200 to
400 mg/L. These elevated TDS levels in shallow groundwater are typical of regions with
high evaporation rates and agricultural activities, where salts from irrigation and evapo-
ration contribute to increased TDS. This observation aligns with other studies from arid
regions, such as those in North Africa and the Middle East, where TDS levels in shallow
aquifers are often elevated, ranging from 500 to 1500 mg/L, due to similar agricultural
practices [29]. In the study area, the highest TDS values were observed in the southeastern
and western zones, which are also heavily influenced by surface evaporation and irrigation,
consistent with findings from other arid and semi-arid regions.

Water hardness in this study ranged from 126 to 496 mg/L as CaCO3, categorizing
the water as hard, with higher hardness in shallow wells (299 mg/L) compared to deeper
wells (210 mg/L). This is in line with studies conducted in areas with carbonate aquifers,
where the dissolution of calcium and magnesium from limestone formations results in
elevated hardness levels. For example, a study in Saudi Arabia reported hardness values
ranging from 150 to 500 mg/L in carbonate aquifers [31]. The higher hardness in shallow
groundwater samples in our study suggests that groundwater chemistry is influenced by
the dissolution of minerals from the surrounding limestone geology.

Chloride concentrations were generally higher in deeper groundwater, ranging from
100 to 220 mg/L, compared to 50 to 150 mg/L in shallow wells. This pattern suggests the
presence of saline intrusion, which is a common phenomenon in coastal and semi-arid
regions. Similar patterns of elevated chloride concentrations in deeper groundwater have
been observed in areas like coastal Mediterranean aquifers, where saline water from sur-
rounding sources intrudes into deeper wells, with chloride concentrations often exceeding
200 mg/L [33]. Elevated sulfate concentrations, particularly in shallow groundwater, were
observed in the study area, ranging from 40 to 150 mg/L. This is consistent with studies in
agricultural and industrial regions, where sulfate contamination from agricultural runoff
and industrial effluents is common. In contrast, sulfate concentrations in deeper ground-
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water in the study area ranged from 20 to 80 mg/L, indicating less contamination from
surface activities.

Stable isotopic analysis revealed that shallow groundwater samples were enriched
in heavier isotopes, with δ18O values ranging from −3.5‰ to −2.0‰ and δ2H values
from −25‰ to −18‰. These isotopic signatures indicate the influence of evaporation,
particularly from Lake Nasser, which is located nearby. This finding is consistent with other
studies in arid regions, where evaporation leads to the enrichment of heavier isotopes in
shallow groundwater, with δ18O values typically ranging from −3‰ to −1‰ in similar
settings [35]. In contrast, deeper groundwater samples displayed isotopic signatures
consistent with paleo-recharge from wetter climatic periods, with δ18O values ranging
from −7.0‰ to −5.0‰, which is typical of recharge that occurred during periods of higher
precipitation. This pattern is also seen in other studies of deep aquifers in arid regions,
where deep groundwater is recharged during wetter periods that occurred centuries or
even millennia ago [36].

Iron and manganese concentrations were elevated in some shallow groundwater
samples, particularly in areas with reduced conditions. Iron concentrations ranged from
0.3 to 1.2 mg/L, while manganese concentrations ranged from 0.2 to 0.8 mg/L, exceeding
the WHO guidelines for manganese in 80% of shallow wells. These elevated concentrations
are typical of groundwater in areas with reducing conditions, where iron and manganese
are released from insoluble forms into the dissolved state. Similar findings have been
reported in other agricultural regions, where iron and manganese levels are elevated due
to reduction processes in shallow aquifers [37]. The elevated manganese concentrations in
our study raise concerns about potential health risks, as prolonged exposure to high levels
of manganese can lead to neurological disorders, as noted in studies in rural areas with
high manganese levels in drinking water [38].

The groundwater quality index (GWQI) classification in this study showed that shal-
low groundwater was generally classified as “fair” to “poor”, with values ranging from 40
to 60, while deeper groundwater samples were classified as “excellent” to “good”, with val-
ues ranging from 75 to 90. These classifications align with findings from other agricultural
regions, where shallow aquifers tend to have lower water quality due to contamination
from agricultural practices, while deeper groundwater remains of higher quality. For
instance, in India, similar GWQI classifications have been reported for shallow and deep
groundwater in agricultural zones, with shallow wells classified as “poor” and deep wells
as “excellent” due to contamination from agricultural runoff and fertilizers [39].

Consequently, the results of this study provide a detailed comparison of the physic-
ochemical characteristics of groundwater in the region with findings from other studies
conducted in similar geological and climatic settings. The study highlights that shallow
groundwater in the area is more vulnerable to contamination from anthropogenic activities,
with elevated levels of TDS, hardness, and trace metals, particularly iron and manganese,
posing potential risks to water quality. In contrast, deeper groundwater remains of higher
quality, with less contamination. These findings underscore the importance of ongoing
groundwater monitoring and the implementation of sustainable water management prac-
tices, especially in agricultural regions, to ensure safe water resources for the future.

5. Conclusions

Groundwater contamination in the Nile Delta region is a highly significant problem
that is currently not adequately controlled. The deterioration of the groundwater is at-
tributed to agricultural practices, sanitation systems, and industrial activities. The deep
(>60–120 m) groundwater wells are characterized by slightly alkaline (pH = 7.8–8.0), fresh
(TDS = 232–608 mg/L), hard water (TH = 126–325 mg/L) that belongs to the Ca-HCO3
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water type. The shallow (<60 m) groundwater wells are slightly alkaline (pH = 7.4–8.2),
mostly (92% of the total samples) fresh water (TDS = 274–1274 mg/L), hard-to-very-hard
water (TH = 299–496 mg/L), and the majority (64%) are of the Ca-HCO3 type, while 28%
are of the Na-HCO3 type and 8% of the Na-Cl water type.

Based on isotope geochemistry, the deep groundwater wells display paleo-water (pre-
high-dam-construction), while the shallow groundwater differentiates into paleo-water,
recent Nile water (post-high-dam-construction), or mixed between both categories. The
presence or absence of clay lenses within the aquifer is the main factor which controls the
water type.

Most of the groundwater samples (90%) studied are classified as excellent to good for
irrigation purposes, while 10% of the samples are categorized as permissible-to-doubtful
irrigation water. Manganese proved to be the most significant element in the Middle Nile
Delta groundwater, where its concentration exceeds the permissible limits in up to 95% of
the groundwater samples studied. HQ values indicate an unacceptable non-carcinogenic
health risk for 56% of the shallow groundwater samples concerning Mn. Detailed studies
about the geochemical characteristics of manganese in Nile Delta soil are needed to control
the high Mn concentration in underlying groundwater.

This study only provides a thorough description, assessment, and interpretation of
inorganic contaminants. However, additional studies are required to assess the organic
contaminants in the Nile Delta groundwater. Rural communities that consume shallow
groundwater should be warned about the potential adverse effects of such water.

6. Recommendations and Way Forward

Future research should focus on applying advanced isotopic techniques to trace
groundwater recharge rates and contamination sources. Long-term monitoring is crucial
to detect quality changes and emerging pollutants. Interdisciplinary collaboration among
hydrogeologists, geochemists, health experts, and policymakers is essential for effective risk
assessment and sustainable management. Additionally, developing accessible databases
and cost-effective methods will support broader implementation, especially in resource-
limited regions. These efforts will enhance sustainable management of groundwater
resources and safeguard public health in arid areas.
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