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Preface to “Biodiversity and Conservation  
in Forests” 

Global forest communities cover only about 30% of land areas, but they provide 
important ecosystem services, such as watershed protection, carbon sequestration, and oxygen 
production, as well as renewable forest products for human subsistence and markets. Forests 
also support the majority of the world’s terrestrial biodiversity. Although land conversion for 
agriculture and pastureland has historically resulted in fragmentation and declining forested 
areas, forests worldwide are now experiencing change at an unprecedented rate due to various 
anthropogenic activities and growing human populations. Global warming trends are altering 
snowpack and hydrology, fostering outbreaks of native forest pests, and accelerating the loss of 
older tree age classes. Modeling suggests that future fire regimes in temperate regions will have 
shorter return intervals, with more severe wildfires. In addition, a by-product of trade and 
travel globalization has been the accelerated transport of plants and animals, and plant and 
animal diseases, around the world. Exotic species have altered community composition, 
especially where foundational tree species are affected. Every forest community worldwide is 
challenged by some of these problems. 

This collection of papers from a special issue on Biodiversity and Conservation in Forests 
from Forests http://www.mdpi.com/journal/forests/special−issues/biodiversity−conservation, 
broadly illustrates the unique biodiversity supported by forest communities, the range of threats 
to forest health, how forest communities are rapidly changing, and management and conservation 
approaches to preserving forest biodiversity. The ten papers (and one erratum note) contributed 
to this issue, published between May 2015 and April 2016, comprise a diverse geographic 
representation of conservation and management issues. They include studies from the Peruvian 
Amazon, Great Barrier Reef and Southwestern Australia, Central Mexico, and Northwestern 
Yunnan Province in China; from several regions of the United States, including the Northwest, 
Northeast, Southeast, and from the Rocky Mountains of the United States and Canada. 

The contributions, briefly described here, fall into four categories. Under forest biodiversity, 
there are two papers that present new information on species richness and distribution within two 
very different forest community types: (1) Yang et al. (2016) compared vegetation zones, plant 
species richness, species turn-over rates, and environmental influences between the east and west 
slope of Baima Snow Mountain in the Three Parallel Rivers Region of northwestern Yunnan 
Province, China, recognized as a UNESCO World Heritage Site for its outstanding biodiversity. 
The communities on both slopes of Baima Snow Mountain are primarily comprised of coniferous, 
broad-leaved, or mixed forest types. (2) Small islands and coral cays in the Indian and Pacific 
oceans support forests dominated by Pisonia (Pisonia grandis R.BR.) in different stages of 
successional development. Rogers et al. (2015) asked whether lichen biodiversity in these 
communities correlates with understory plant biodiversity and may indicate forest condition 
in general in Pisonia forests. They examined lichen biodiversity in Capricornia Cays 
National Park on Heron Island in the Great Barrier Reef to explore these relationships. 

In the category disturbance and fragmentation, three papers illustrate the challenges to 
maintaining healthy and intact forest communities in the face of population growth, land-
conversion, economic development, and a changing climate. (1) Lopez-Upton et al. (2015) 
examined population extinction risk for Douglas-fir (Pseudotsuga menziesii (Mirb.) in central 
Mexico. In this region, Douglas-fir occurs in small, isolated populations, many threatened by 
anthropogenic activities including over-grazing, land-use changes, and illegal timber harvest, 
leading in some cases to little regeneration and reduced genetic diversity. (2) The Peruvian 
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Amazon has experienced large-scale conversion of forest communities to agricultural 
communities, as well as other anthropogenic disturbances. Perry et al. (2016) suggest that 
agroforests, which may include a mix of trees and understory crop plants, may help support 
local biodiversity, and further proposed that insect biodiversity, which is easily sampled, may 
be a good bio-indicator of habitat integrity. Working in the Ucayali River region near the city of 
Pucallpa, they compared insect species richness and taxonomic composition among five 
community types, ranging from natural forests to agroforests to cropland and degraded 
grasslands. (3) Drought-stress has been associated with damaging outbreaks of woodboring 
beetles in many forest communities worldwide. More frequent drought conditions and episodic 
heat waves are predicted to occur with climate change. Seaton et al. (2015) investigate the role 
of severe drought in outbreaks of the Eucalyptus longhorned borer Phoracantha semipunctata in 
Australian Mediterranean forests dominated by Eucalyptus marginata Donn ex Smith and 
Corymbia calophylla (Lindl.) K.D. Hill & L.A.S. Johnson. 

The category impacts of invasive exotic species highlights an increasingly dire global 
problem—the impact of aggressively spreading exotic plants, insects, and pathogens on forest 
integrity and health. Four papers in this special collection provide instructive examples. (1) 
Japanese honeysuckle (Lonicera japonica Thunb.), an attractive climbing vine, was introduced 
from China and Japan as an ornamental plant in the early 19th century. It escaped cultivation 
and is now naturalized in 45 U.S. states and the province of Ontario, Canada. The plant is an 
economic and ecological threat to natural forests and pine plantations in the southeastern U.S. 
Wang et al. (2015) documented the rapid spread of Japanese honeysuckle through forestlands in 
eastern Texas and determined the factors that increase the likelihood of its occurrence. (2) 
Eastern hemlock (Tsuga canadensis (L.) Carr.), a widely-distributed foundation species in the 
eastern U.S. and Canada, forms ecological communities different in structure and function from 
neighboring deciduous tree communities. Its dense canopies reduce light penetration and alter 
nutrient cycling. Eastern hemlock also has multiple influences on riparian and stream 
communities through the slow decomposition of needles and coarse woody debris. Eastern 
hemlocks, however, are threatened by the exotic hemlock woolly adelgid (Adelgis tsugae), which 
kills trees by defoliation, resulting in replacement of hemlock by deciduous tree species. In this 
special issue, we have two papers describing the uniqueness of eastern hemlock communities 
and the implications of their widespread loss. Working on the Cumberland Plateau in eastern 
Kentucky, Adkins and Rieske (2015) documented major differences in benthic invertebrate 
communities in streamside areas dominated by eastern hemlock compared to those areas 
dominated by deciduous forest trees. (3) Eastern hemlock forests also differ from deciduous 
forests in understory (herbaceous layer) plant composition and diversity, but the differences 
vary between the northeastern and southeastern U.S. In the Northeast, the Harvard Forest 
Hemlock Removal Experiment, Petersham, Massachussets, was established in 2003 to examine 
potential community-level changes after hemlock loss from hemlock woolly adelgid infestation. 
Ellison et al. (2015) report on major differences by 2014 among the treatment understory 
communities, comparing herbs, shrubs, ferns, and grasses and sedges. (4) Whitebark pine (Pinus 
albicaulis Engelm.) ranges throughout the high mountains of the western United States and 
Canada. As a foundation species, it influences community development and structure through 
tolerance of poor soils and harsh aspects and effective seed dispersal by Clark’s nutcracker 
(Nucifraga columbiana). Its large seeds serve as important wildlife food. Whitebark pine is 
rapidly declining across its range, and a candidate for listing under the U.S. Endangered Species 
Act. The primary threat to whitebark pine is white pine blister rust, a disease of five-needle 
white pines caused by the exotic fungal pathogen Cronartium ribicola. Tomback et al. (2016) 
review whitebark pine’s importance in treeline communities in the Rocky Mountains, where it 
supports snow retention and regulates downstream flows. They document invasion of these 
communities by white pine blister rust and suggest management actions that could help 
mitigate the decline. 
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The final category of papers is ecosystem management. DellaSala et al. (2015) provide a 
detailed evaluation of a major ecosystem management milestone, the 1994 Northwest Forest 
Plan, which provided directives for managing federal lands from northern California through 
Washington State. The multi-agency collaborative plan was developed after “decades of 
conflict” over the logging of old growth and older forest communities, rapid road expansion, 
and declining water quality, which resulted in the federal listing of the northern spotted owl 
(Strix occidentalis caurina), the marbled murrelet (Brachyramphus marmoratus), and numerous 
salmonid (Oncorhynchus spp.) populations. Providing a 20-year retrospective, DellaSala et al. 
(2015) address the achievements and limitations of the plan in relation to its original goals, and 
provide suggestions for future directions, particularly in the light of new scientific information 
regarding species management and the impact of climate change and other anthropogenic 
stressors. 

The papers in this collection are data-rich and well-suited for stimulating discussion in 
seminar-style courses and other advanced courses in forest management, ecology, 
sustainability, and conservation biology. As forest researchers and managers, we have the 
profound responsibility to inspire and train new generations to take the lead in preserving 
global forest diversity in the face of growing anthropogenic challenges. 

Diana F. Tomback 
Special Issue Editor 
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Abstract: Species richness and turnover rates differed between the western and eastern aspects
of Baima Snow Mountain: maximum species richness (94 species in a transect of 1000 m2) was
recorded at 2800 m on the western aspect and at 3400 m on the eastern aspect (126 species), which also
recorded a much higher value of gamma diversity (501 species) than the western aspect (300 species).
The turnover rates were the highest in the transition zones between different vegetation types,
whereas species-area curves showed larger within-transect beta diversity at middle elevations.
The effect of elevation on alpha diversity was due mainly to the differences in seasonal temperature
and moisture, and these environmental factors mattered more than spatial distances to the turnover
rates along the elevation gradient, although the impact of the environmental factors differed with the
growth form (herb, shrubs or trees) of the species. The differences in the patterns of plant biodiversity
between the two aspects helped to assess several hypotheses that seek to explain such patterns,
to highlight the impacts of contemporary climate and historical and regional factors and to plan
biological conservation and forest management in this region more scientifically.

Keywords: elevational gradient; mountain aspect; plant species diversity; comparative study; Baima
Snow Mountain; Three Parallel River region; northwest Yunnan

1. Introduction

Mountains are hotspots of biodiversity at global and regional scales [1,2]. The pattern of species
richness along the slopes of mountains and the factors that determine such patterns have long been
a topic of interest to ecologists and biogeographers [3]. Given the growing variability of climate
and changes in land use at present, together with the unprecedented rate, scale and reach of human
intervention in mountain habitats, the effectiveness of biodiversity conservation strategies, particularly
in the mountains, is becoming a matter for concern [4–6].

The patterns of species diversity along elevation gradients have been studied for decades, and
the results of these studies are well summarized [7,8], revealing the major determinants underlying
the patterns of diversity, namely environmental filters [9,10], regional processes and evolutionary
history [11–13], biological interactions [14] and spatial factors, such as area, dispersal limits and
boundary constraints imposed by the elevation range of the mountains [15,16]. However, the
collinearity of effects among the different hypotheses has been a critical obstacle to separating the
distinct contribution of each of these possible mechanisms [8], a task made even more complex by the
difference in the scale of their effects.

Baima Snow Mountain (BSM) is the central section of the eastern-most of three parallel
mountain ranges in the Three Parallel Rivers Region (TPRR), northwestern Yunnan Province, China.

Forests 2016, 7, 89; doi:10.3390/f7040089 www.mdpi.com/journal/forests1
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By examining plant diversity along the elevation gradient on the eastern and western aspects of this
mountain, the present study aimed to explore the effects of elevation and aspect on plant species
diversity and to separate the contribution of each of the different mechanisms that determine the
structure of vegetation and plant diversity. Specifically, we addressed the following questions: (1) How
do vegetation zones and plant species diversity along the elevation gradient on the western aspect
of the BSM differ from those on its eastern aspect? (2) What factors affect the local species richness
and species turnover along the elevation gradient? (3) How do contemporary environment (current
meteorological data and topographic features), historical and regional environmental factors and
boundary constraints imposed by the mountain contribute to spatial patterns of plant diversity?

2. Materials and Methods

2.1. Study Area

Field investigations of vegetation were conducted in the northern BSM. The mountain is spread
over 2816.4 km2, extending chiefly along the south–north axis; its summit rises 5429 m above the
mean sea level; the base of its western aspect is at 1815 m, near the Lancang River; and the base of
its eastern aspect is at 1950 m, near the Jinsha River (Figure 1). The regional climate is characterized
by marked seasonal changes in both temperature and precipitation, received mostly in summer from
the south–west monsoon from the Indian Ocean. The interaction between the south–west monsoon
and the steep mountain slopes creates a prominent vertical zonation of climate and vegetation, from a
dry–warm climate and shrub-dominated vegetation at the base (elevation less than 2600 m) through a
cooler and more humid climate and tree-dominated vegetation at middle elevations (2600–4300 m), to
the alpine climate dominated by shrubs and grasses at higher elevations (4300 m) [17]. The BSM is
divided between two autonomous counties, Deqin and Weixi, in Yunnan province, and was designated
as a national natural reserve in 1988 owing to the generally well-protected vegetation and rich
biodiversity. Anthropogenic disturbance in the forms of logging and farming is mostly limited
to a distance of 500 m from the main road extending into the natural reserves on both eastern and
western aspects of the BSM. However, the rich wildlife of the region indicates a harmonious coexistence
between the traditional communities and nature. For example, the BSM is the only remaining habitat
or species range of the Yunnan snub-nosed monkey (Rhinopithecusbieti) [18], a flagship species for
biodiversity conservation in Yunnan.

2.2. Meteorological Data

Meteorological data for three years (October 1981–December 1984) were obtained from seven
temporary weather stations established across the east–west axis of the BSM (Figure 1, Table 1) by
the Interdisciplinary Research Team for Qinghai-Tibet Plateau, the Chinese Academy of Sciences.
Three stations were set up on the western aspect, one at the saddle point and the other three on the
eastern aspect. Temperature and precipitation data were recorded hourly, and the monthly mean
temperature and precipitation values for these sites were published [19]. These are the only data
available to compare the eastern and the western aspects of the BSM along its elevation gradient.

2
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Figure 1. The study area (a); distribution of field-sampling sites (b); weather stations and the vertical
vegetation zones on eastern and western slopes of Baima Snow Mountain (c). S&H: shrubs and herbs
zone; C: coniferous forest zone; CB: mixed coniferous and broad-leaved forest zone dominated by
conifers; BC: mixed broad-leaved-coniferous forest zone dominated by broad-leaved species (mostly
evergreen Quercus); S&M: alpine shrubs and grasses (meadows) zone; I&S: ice and snow zone.

Table 1. Meteorological data from seven stations on Baima Snow Mountain: 1987–1988.

Parameter Western Aspect Saddle Eastern Aspect

Station No.1 No.2 No.3 No.4 No.5 No.6 No.7
Elevation, m 2080 2747 3485 4292 3760 2988 2025

Mean annual temperature, ˝C 14.74 10.83 5.24 ´1.14 2.97 9.65 16.57
Annual precipitation, mm 425.0 410.6 513.8 807.1 946.1 532.8 285.6

We plotted the elevation of the weather stations (black triangles in Figure 1c), the monthly mean
temperature (MMT) and the monthly mean precipitation (MMP) at each station for twelve months
to calculate the slopes of MMT and MMP along the elevation gradient on the eastern and western
aspects and then interpolated the values of MMT and MMP for every 100-m increase in elevation from
2000 m to 4500 m along both the aspects of the BSM. Ten additional bioclimatic indexes were calculated
based on the MMT and MMP (Table 2). The patterns of seasonal changes in temperature were similar
for both aspects, but those of seasonal changes in precipitation were distinct. The elevation at which
precipitation was maximum on the western aspect could not be determined precisely (because it
kept increasing with elevation), whereas the elevation could be determined on the eastern aspect
eight months of the year (except May, June, July and August). The bottoms of the slopes towards the
Lancang River (western aspect) and the Jinsha River (eastern aspect) were both characterized by a
hot–dry climate (especially on the eastern aspect), and precipitation increased much faster at higher
elevations. Net primary productivity (NPP) was calculated using the data and the formula given
in Table 2.

3
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Table 2. Climatic variables used in the data analysis.

Factors Index Algorithm Reference

Energy

Tmin Monthly mean temperature in the coldest month (January) [20]
Tmax Monthly mean temperature in the warmest month (July) [20]

MTWQ Mean temperature in the wettest quarter: June, July and August [20]
MTCQ Mean temperature of December, January and February [20]
MAT Mean annual temperature
PET Potential evapotranspiration: 58.93 ˆ ABT † [21]

Moisture

PWQ Precipitation in the wettest quarter: June, July and August [21]
PDQ Precipitation in the driest quarter: December, January and February [21]
Pmin Minimum monthly precipitation (in January)
Pmax Maximum monthly precipitation (in August)

AP Annual precipitation
AET Actual evapotranspiration: (P/(0.9 + (P/L)2)1/2, L = 300 + 25T + 0.05T3 [22]
MI Moisture index: PET/AP [21]
WD Water deficiency: PET ´ AET [21]
DI Drought index: AET/P [21]

Productivity
NPP Net primary productivity: min{NPPMAP, NPPMAT}

[23]NPPMAP = 0.005212(MAP1.12363)/e0.000459532(MAP)

NPPMAT = 17.6243/(1 + e(1.3496´0.071514(MAT)))

Climate
seasonality

ART Annual range of temperature: T7 ´ T1 [20]
TSN Temperature seasonality: SD (monthly mean temperature) ˆ 100 [20]
PSN Precipitation seasonality: CV (monthly mean precipitation) [20]

† ABT: annual Biotemperature (˝C). ABT =
ř

ti/12. ti is mean month temperature that larger than 0 ˝C, when
ti > 30 ˝C, it is assigned to 30 ˝C.

2.3. Field Sampling

Vegetation sampling was conducted in 2012 and 2013. Starting at 2000 m, we established a transect
every 100 m along the elevation gradient, up to 4300 m on the western aspect (a total of 24 transects)
and up to 4400 m on the eastern aspect (25 transects). Each transect was 10 m wide and 100 m long,
with the shorter dimension along the gradient and the longer dimension across the gradient. For easy
access, the sites along the road across the mountain were chosen for representation and at least 500 m
away from the road to reduce the influence of human intervention. Each transect was established on
a slope that was uniform in topography. Because the weather stations were also along the road, the
three-year data form a spatially-representative sample of the climate of the transects.

Each transect was divided equally into 10 plots (10 m ˆ 10 m). In each plot, the height and
the girth (circumference) at breast height (1.3 m) of all of the trees were measured and the species
recorded. For each species of shrub and herb, all plants within a plot were counted as abundance, and
the percentage of coverage was estimated visually. The geographic coordinates and elevation of each
transect were recorded using a GPS, and the gradient of the slope and its direction were measured
with a compass.

2.4. Statistical Analysis

2.4.1. Estimate of α and β Diversity

Species richness of all vascular plants within a transect was counted as local species richness
(or α diversity), and that of trees, shrubs and herbs (including ferns) was also counted separately.
β diversity was estimated using the Simpson dissimilarity index (βsim) [24] for species turnover rate
between neighboring transects along the elevation gradient on the western and the eastern aspects
separately. βsim was calculated between adjacent transects, for all species within a transect, and for
trees, shrubs and herbs separately, and only the presence or absence of each species in the transect was
used in the calculations with the following formula:

βsim “ min pb, cq
a ` min pb, cq (1)

4
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where a is the number of species shared between two transects, b is the number of species present in
transect B, but not in transect C, c is the number of species present in transect C, but not in transect B,
and min () indicates the smaller of the two values between b and c. βsim was used because it provides a
fairly reliable estimate of species turnover independent of the impact of local species richness [25].

Based on the species composition of ten 10 m ˆ 10 m plots in each transect, a species-area curve
was used to describe the changes in species diversity with increasingly larger sampling areas [26].
Species-area curves for pairs of transects at the same elevation, but on different aspects (western or
eastern) of the BSM were compared to find the differences in complexity of the community structures
between the two aspects. Species richness of all possible combinations of a certain number i (i = 1, 2,
3, . . . ,10) of unit plots was calculated, and the means and standard deviations of species richness were
used to draw the species-area curve for each transect, with the area increasing from 100 m2 to 1000 m2.

2.4.2. Principal Component Analysis (PCA) of Climatic Variables

Because multiple bioclimatic variables are collinear, PCA was applied to extract principal
bioclimatic information with focused indices. PCA is useful in reducing the number of dimensions
of explanatory variables with acceptable information loss under most conditions [27]. All 18 climatic
variables were classified into three types, namely energy, moisture and climatic seasonality. Before PCA,
all indexes were normalized to have a mean of zero and a standard deviation of 1. The first principal
component of three energy indexes (Energy.pc1) loaded 99.5% of the variation in energy; the first
two principal components of seven moisture indexes (Moist.pc1, Moist.pc2) accounted for 97.4% of
the variation in moisture, indicating the importance of rainfall during the growing season and of
winter precipitation, respectively; and the first two principal components of six indices of climatic
seasonality (Seasonal.pc1, Seasonal.pc2), indicating seasonal changes in temperature and precipitation,
respectively, accounted for 99.9% of the variation (Table S1).

2.4.3. Environmental and Spatial Interpretations of Diversity Patterns

A hierarchical variation partitioning (HVP) algorithm based on the generalized linear model
(GLM) was used for examining the independent influence of environmental variables on species
richness: we applied the HVP algorithm to species richness of all species and to tree, shrub or herb
species separately. The algorithm creates a GLM of all possible combinations of the explanatory
variables, uses Akaike’s information criteria (AIC) to select the optimal model and estimates the
independent contribution of each of the considered variables to the selected model [28–30]. We used
the HVP algorithm for the variables included in the final model of the environmental interpretation of
α diversity patterns.

The Mantel test and the partial Mantel test are the two commonly-used methods of testing
the association between two matrices, the entries of which are distances or similarities [31]. As an
extension of the partial Mantel test, a multiple regression model (MRM) involves multiple regressions
of a response matrix on a given number of explanatory matrices, which contain spatial distances or
environmental similarities between all pairs of sampled units [32]. The model is useful in decomposing
the collinear effects of space and environmental factors on the spatial patterns of β diversity, and we
applied the MRM to the species composition of each transect considering all of the plant forms together
and also the composition of tree, shrub and herb species separately. Euclidian distance was used for
calculating the spatial distance and environmental dissimilarity between two transects, and latitude,
longitude and elevation were used for calculating the spatial distance matrix. The dissimilarity matrix
for all transects (24 on the western aspect and 25 on the eastern aspect) was calculated separately for the
indexes of energy, moisture, climatic seasonality, net primary productivity (NPP) and a comprehensive
environmental index. To validate the results of MRM, we also applied the Mantel test and the partial
Mantel test to estimate the impact of spatial distance and of environmental differences in energy,
moisture, climatic seasonality and productivity on the rate of species turnover between transects.
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3. Results

3.1. Vegetation Zones and Overall Species Composition along the Elevation Gradient

The vegetation zones showed distinctly different patterns between the western and the eastern
aspects of the BSM (Figure 1), although the overall patterns of plant diversity on both sides were
broadly similar: shrubs and herbs in the dry-warm climate at the bottom, trees at middle altitudes
and shrubs and grasses in the alpine climate at higher elevations. The upper limit of the lower
zone on both aspects was 2700–2900 m, above which the vegetation transitioned to the forest zone
through a broad tree line ecotone. The structure of the forest zone along the elevation gradient differed
between the two aspects: the western aspect showed the “CB-BC-C” pattern, which consisted of mixed
coniferous and evergreen broad-leaved forests that were dominated by Pinus species (CB, 2800–3300 m);
mixed evergreen broad-leaved and coniferous forests that were dominated by Quercus species (BC,
3300–3900 m ); and a coniferous forest composed of Abies and Larix species (C, 3900–4200 m); the
eastern aspect displayed a distinct “C-CB-C” pattrn, i.e., C dominated by Pinus species at 2700–3000 m,
CB at 3000–3600 m and C composed of Abies and Larix species at 3600–4300 m. The two aspects also
showed distinct community structures across the forest zone (Figure 2). On the western aspect, the sum
of the basal area of all trees (SBAT) in a transect (as a proxy for forest biomass) increased with elevation,
reaching its maximum value near the upper limit of the subalpine conifer forests. On the eastern
aspect, however, the SBAT showed two peaks, one at 3400 m and one at 4200 m. The contribution
of coniferous trees to the SBAT showed a U-shaped pattern on the western aspect, with conifers
dominating at lower elevations (2900–3400 m), as well as at higher elevations (4000–4200 m) and
broad-leaved trees dominating at the middle elevations (3500–3900 m). On the eastern aspect, however,
conifers dominated nearly all of the forest zones except at middle elevations (3200–3500 m), where the
communities were equally rich in both conifers and broad-leaved trees (Figure 3, Figure S1).

Figure 2. Elevation-related patterns of the transects: sum of basal area of all trees (SBAT, solid line) and
the ratio of conifer basal area to SBAT in the communities (broken line with crosses) on western and
eastern aspects of Baima Snow Mountain.
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Figure 3. Elevation-related patterns of species richness of all plants and of trees, shrubs and herbs in
the transects on western and eastern aspects of Baima Snow Mountain.

Species diversity on the eastern aspect of the BSM was higher than that on the western aspect.
The eastern aspect harbored a total of 501 species of vascular plants (304 herbs, 155 shrubs and 42 tree
species), representing 250 genera and 94 families; the corresponding figures for the western aspect
were 300 (189, 92, and 19), comprising 194 genera and 82 families.

3.2. Species Richness and Species Turnover within Communities

Species richness at the transect level varied with elevation, but showed different patterns on the
western and the eastern aspects (Figure 3). In general, species richness of vascular plants over sampling
areas of 1000 m2 each described a hump-shaped curve on both the aspects, reaching its lowest value
at the upper limit of the forest zone (about 4000 m), whereas species richness of shrubs and herbs
increased with elevation. Total species richness and that of shrubs and herbs peaked at 2800 m on the
western aspect, in the ecotone between the lower dry shrubs-and-grasses zone and the mid-altitude
forest zone. On the eastern aspect, species richness of all of the three growth forms—herbs, shrubs, and
trees—peaked at 3200–3400 m. Species richness on both aspects was very similar at lower elevations
(in the dry valleys below 2700 m) and also at higher elevations (the alpine shrubs-and-grasses zone
above 4000 m). The greatest contrast in species richness between the two aspects occurred in the forest
zone (2800–3900 m), a difference that was also evident in the structure of vegetation mentioned earlier
(Figure 1).

The species-area curves of transects at the same elevation on the western and the eastern aspects
were also hump shaped (Figure 4), with maximum species richness in all ten unit plots occurring at
middle elevations, roughly 2800–3700 m. The two curves came close at elevations between 2000 m
and 2700 m, indicating similar α diversity and within-transect β diversity between the communities
on the western and the eastern aspects. At 2800 m, the transect on the western aspect had a much
larger α diversity and within-transect β diversity (indicated by the increase of species richness along
with the increasing area) than that on the eastern aspect. However, the relationship was reversed in
most of the forest zone. From 2900–3900 m, transects on the eastern aspect had larger α diversity and
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within-transect β diversity than those on the western aspect. At 4000–4300 m, in the subalpine conifer
forests on both aspects, the differences between the species-area curves gradually decreased, and α

diversity and within-transect β diversity tended to be greater on the western aspect more frequently.

Figure 4. Contrast of species-area curves between pairs of transects along the elevation gradient on
eastern and western aspects of Baima Snow Mountain. The horizontal line in each boxplot indicates
the median species richness in a specific sampling area at different elevations and aspects and the error
bar indicates 2.5 and 97.5 quantiles.

3.3. Vegetation Zones and Species Turnover

The average species turnover rate along the elevation gradient on the eastern aspect
(mean ˘ SD = 0.53 ˘ 0.37) was greater (t = ´3.51, p < 0.001) than that on the western aspect (0.36 ˘ 0.19)
(Figure 5), and this difference was significant for shrubs (0.50 ˘ 0.25 vs. 0.33 ˘ 0.15; t = ´2.88, p = 0.006)
and herbs (0.55 ˘ 0.21 vs. 0.39 ˘ 0.17; t = ´3.013, p = 0.004), but not for trees (0.25 ˘ 0.23 vs. 0.22 ˘ 0.21;
t = ´0.89, p = 0.38). On both aspects, the species turnover rate was consistently the highest among
herbs (0.47 ˘ 0.21) and the lowest among trees (0.23 ˘ 0.22), and the differences among all three growth
forms were significant.

8



Forests 2016, 7, 89

Figure 5. Species turnover rates of all plant species and of trees, shrubs and herbs along an elevation
gradient on eastern and western aspects of Baima Snow Mountain.

No consistent pattern of species turnover rate (or across-transect β diversity) was found along the
elevation gradient, either between the different growth forms or between the two aspects. As expected,
a transition between two neighboring vegetation zones or sub-zones generally corresponded to an
increase in the species turnover rate. On the western aspect, maximum rates of species turnover
occurred at 2700–2800 m, 3800 m and 4200–4300 m, corresponding to the transitions between the dry
valley shrubs-and-herbs zone and the forest zone, between the mixed-forests zone (broad-leaved and
coniferous) and the conifer-forests zone and between the forest zone and the alpine shrubs-and-grasses
zone. On the eastern aspect, maximum rates of species turnover occurred at 2900–3000 m, 3500 m and
4300 m, elevations that corresponded to the similar transitional zones on the western aspect.

3.4. Environmental Interpretation of Alpha Diversity Patterns

With the HVP algorithm, most of the variation (78.8%–95.8%) in species richness, whether for all of
the growth forms together or for each of the growth forms separately, along the elevation gradient can
be accounted for by the environmental factors (Table 3). In general, the proportions of species richness
patterns on both of the aspects accounted for by the models were comparable, although the proportion
of variation in species richness left unexplained was greater in the case of herbs than that of shrubs or
trees. The environmental influence on the variation in species richness of the three growth forms was
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more consistent on the eastern aspect than that on the western aspect and was primarily due to changes
in seasonal temperature (annual range of temperature (ART); and temperature seasonality (TSN)),
although the influences of slope and that of precipitation during the growth season (precipitation in
the wettest quarter (PWQ); maximum monthly precipitation (Pmax); and actual evapotranspiration
(AET)) were also important. The species richness of trees was primarily related to energy (potential
evapotranspiration (PET); mean annual temperature (MAT); and minimum monthly temperature
(Tmin)); of shrubs, to moisture (minimum monthly precipitation (Pmin); Pmax; and PWQ); and of
herbs, to temperature (ART, TSN). The local topographic features had little impact on species richness
patterns on the eastern aspect.

Table 3. Hierarchical variation partitioning of elevation-related species richness patterns of herb, shrub
and tree species and of all species on the western and the eastern aspects of Baima Snow Mountain.
Refer to Table 2 for abbreviation and definitions.

Variable
Western Aspect Eastern Aspect

Herbs Shrubs Trees All Forms Herbs Shrubs Trees All Forms

MAT 0.080 0.174 * 0.056 0.072 0.082 0.089
Tmin 0.087 0.174 * 0.107
PET 0.118 0.281 * 0.107 0.051 0.166 * 0.078

Pmin 0.169 * 0.100
Pmax 0.122 * 0.211 * 0.075 0.070
PDQ 0.306 * 0.091 0.107
PWQ 0.122 * 0.201 * 0.048 0.073 0.081 0.070
WD 0.073 0.114 *
AET 0.167 * 0.050 0.123 0.064 0.072
NPP 0.068 0.159 *
ART 0.223 * 0.096 0.110 0.238 * 0.178 *
TSN 0.200 * 0.169 * 0.257 * 0.171 * 0.221 *
PSN 0.072

Exposure 0.061 0.042 0.028 0.027
Slope 0.174 * 0.077 0.171 *

Interpreted variation (%) 85.7 88.8 92.7 90.2 83.6 95.2 95.8 92.5

* Significant at 95% by the Z test.

3.5. Climatic Interpretation of Beta Diversity Patterns

The results from MRM indicated that almost all climatic variables and the spatial distance
significantly influenced the dissimilarity in species composition between the transect communities
and that the impact of climatic variables was greater than that of spatial distance (Table 4). The most
prominent climatic variable on both aspects was moisture in the case of changes in species composition
of herbs and shrubs and energy in the case of trees: the results accounted for 62.8%–64.5% of the
community dissimilarity on the western aspect, but only 46.5%–47.2% of that on the eastern aspect.

The partial Mantel test (Table S3) also indicated a generally larger impact of climatic variables than
that of spatial distance on community dissimilarity. Furthermore, the impact of geographic distance
on the dissimilarity was not significant for any of the growth forms in the case of the eastern aspect,
whereas the impact of climatic variables was generally significant. On the western aspect, the impact
of climatic variables was significant and so was that of geographic distance in the case of shrubs and
herbs, although not in the case of trees. Specifically, the most prominent climatic factor accounting for
the dissimilarity in shrubs and herbs was NPP (i.e., the water–energy balance) on the eastern aspect
and moisture on the western aspect.
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Table 4. Regression coefficients and regression R-squared values: multiple regression on distance
matrices of beta diversity on the eastern and the western aspects of Baima Snow Mountain. De and
Dg: Euclidian distance between two transects calculated for environmental variables or geographic
coordinates (including elevation), respectively.

Distance Variables
Eastern Aspect Western Aspect

Herb Shrub Tree Herb Shrub Tree

De Energy 0.156 0.335 0.995 *** 0.180 0.035 1.269 *
Moisture 0.385 ** 0.525 ** 0.289 0.513 ** 0.618 ** 1.133 *

Seasonality 0.076 0.052 0.035 0.211 * 0.321 ** 0.606
Productivity 0.172 * 0.217 ** 0.035 0.204 ** 0.234 ** 0.224

Dg 0.359 * 0.477 ** 0.682 *** 0.230 0.354 ** 0.410 *
Total R2 47.2% *** 47.1% *** 46.5% *** 62.8% *** 64.6% *** 63.8% ***

*, p < 0.05; **, p < 0.01; ***, p < 0.001.

4. Discussion

4.1. Interpretation of Patterns

For the BSM, the major source of precipitation is the Indian monsoon coming from the west [17],
which normally arrives in May; the rainy season lasts until October [19]. Before it reaches the BSM, the
monsoon crosses two mountain ranges (namely Mount Gaoligong and Mount Yunling) oriented along
the north–south axis in the TPRR and deposits most of the precipitation on their windward slopes.
Therefore, the precipitation on the windward slope of the BSM is much lower at the bottom of the
valley and increases with elevation. Rainfall is maximum over the mountain ridge on the leeward side
(the eastern aspect) at 3800–3900 m and decreases sharply as the elevation decreases [19]. Therefore,
the annual mean precipitation at the lower section of the bottom of the valley (below 2500 m) on the
eastern aspect of the BSM was less (285.6 mm) than that on the western aspect (425 mm). At middle
and upper elevations (2600–3300 m and 3400–4200 m), however, precipitation on the eastern aspect
(532.8 and 946.1 mm, respectively) was greater than that on the western aspect (440.3 and 513.8 mm,
respectively) [19]. Because the transects on both the aspects were established at similar elevations, the
difference in moisture levels due to the monsoon seems to be the major climatic factor influencing
vegetation patterns and plant species diversity on the two aspects.

The Hengduan Mountains are a global hotspot of biodiversity [1]. In the southern part of
the Hengduan Mountains, Yunnan province harbors half the plant species pool in China and two
endemism centers [33], and the TPRR in northwestern Yunnan is one of them. The general pattern
of biodiversity along the elevation gradient in this region is described elsewhere [34–38], but other
characteristics of the distribution of species richness are not widely known, especially with regard
to the impact of the Indian Ocean monsoon, a primary driver of the region’s climate. In fact, plant
species richness on the eastern aspect is higher than that on the western aspect of the BSM, especially
within the forest zone, which also has a wider range on the eastern aspect (2700–4300 m) than on the
western aspect (2800–4200 m). The evergreen oak forests in the Hengduan Mountains dominate the
dry and sunny habitats [39,40], and the dominance of the Quercuspanosa community on the western
aspect of the BSM also indicates a habitat drier than the mixed coniferous-deciduous broad-leaved
forests, which cover a much wider range of elevations on the eastern aspect (Figure 1).

4.2. Testing Competing Hypotheses

Past investigations of spatial patterns of biodiversity have narrowed the explanations to several
mechanisms that govern such patterns, and these mechanisms require further study. The mechanisms
include the effects of area, climate, environmental heterogeneity, historical and regional processes, as
well as geometric constraints. In the species-area theory, different models predict that species richness
increases with sampling area [26]. Climate-related hypotheses suggest that biodiversity is limited by
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low temperatures, by cumulative warmth or by the water–energy balance indicated by the net primary
productivity (summarized by Wang et al., 2009 [41]). The environmental heterogeneity hypothesis
predicts a positive correlation between niche diversity and species richness [8]. The historical/regional
process hypothesis suggests that local species diversity is limited by the regional species pool, which is
mainly regulated by the spatial patterns of climate and geomorphology on a regional scale, as well as by
their historical processes, especially in the Quaternary period [8,42,43]. A geometric constraint occurs
when species are randomly distributed in a domain with only a single geometric boundary constraint,
and the ranges of their distribution collectively generate a hump-shaped species richness pattern
along one spatial dimension, showing the middle-domain effect (MDE) [8]. The MDE hypothesis
thus predicts a hump-shaped species richness pattern along an elevation gradient irrespective of the
impacts of other environmental gradients [44]. Earlier studies have provided support for the influence
of climatic factors, historical and regional processes and geometric constraints on elevation-related
patterns of biodiversity in the TPRR [34–36], although consensus on the relative contributions of these
factors is lacking.

By sampling the same area at 100-m intervals of elevation, sampling similar numbers of transects
(24 and 25) and sampling similar elevation ranges (2000–4300 m and 2000–4400 m) on both aspects
of the BSM, our transect data controlled for the area effect on species richness. Given the rise of
the Tibet-Qinghai Plateau and the simultaneous erosion of the valleys of the Lancang River and the
Jinsha River on both sides of the BSM, the glacial and interglacial cycles in the Quaternary period
and the migration of plant species on the two aspects in response to these changes can also be
reasonably regarded as similar. Therefore, the present study gathered a dataset useful for comparing
elevation-related patterns of plant species diversity on the eastern and the western aspects of the BSM
and for testing the above-mentioned hypotheses that explain the patterns of diversity (Table 5).

Table 5. Comparison of different hypotheses to explain the elevation-related patterns of plant species
diversity in Baima Snow Mountain.α diversity, species richness of transects; β diversity, species
turnover rate between pairs of neighboring transects; r diversity, total species recorded in all transects

of each (eastern or western) aspect of the BSM; ˆ, rejected;
‘

, supported; , partially supported
(or rejected).

Interpretive Hypothesis α Diversity β Diversity R Diversity Species-Area Curves

Area ˆ ˆ ˆ
Middle-domain effect ˆ ˆ

Historical and regional process
‘ ˆ ‘

Water-energy balance
‘ ‘ ‘ ‘

Habitat heterogeneity ˆ ˆ ‘

For α diversity of the plant communities, the area hypothesis cannot explain the elevation-related
variation in plant species richness, and the MDE hypothesis cannot be completely rejected by the
generally hump-shaped pattern of elevation-related species richness. The elevation-related climatic
variables (especially precipitation and seasonal changes in climatic variables), although based on
a limited monitoring period of three years, correlate well with the α diversity patterns (Table 3
and Table S1). Similar results have also been reported earlier [35,36]. Historical and regional
processes can also predict this pattern, because the up-and-down migration of plant species during the
glacial and interglacial cycles can also increase the possibility of more species ending up at middle
elevations [36]. Habitat heterogeneity, although not specifically measured, cannot explain the huge
difference in species richness (3–118) along the elevation gradient, unless it is linked with the variation
in climate-related energy.

Neither area nor the MDE model can provide any support to the elevation-related patterns of
between-transect species turnover rate (βsim), although changes in climatic variables had a greater
impact on that rate than spatial distance did (Table 4). Since elevation-related vegetation zones reflect
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climatic zones, the match between peak values of species turnover rate and transitions in the type of
vegetation showed the effects of an elevation-related climate gradient on beta diversity patterns. It is
reasonable to infer that an elevation-related climate gradient cannot be a more prominent cause of
elevation-related patterns of beta diversity than habitat heterogeneity within each transect. The effect
of spatial distance on beta diversity is linked to the limitations on species dispersal, which can be
affected by regional geomorphology [45]. The characteristically steep topography of the BSM was
a statistically-significant, but much weaker predictor of species richness than the environmental
differences between transects.

All species recorded in all of the transects on the western and the eastern aspects were comparable
in terms of their gamma (r) diversity. The differences in biodiversity between the eastern and the
western slopes—501 vs. 300 species, 250 vs. 194 genera and 94 vs. 82 families, respectively—are among
the major results of the present study. These differences could not be predicted by similar sampling
areas, identical elevation boundaries of the studied domain (BSM) and within-habitat heterogeneity:
none of the three factors could provide a reasonable prediction. However, the greater precipitation
on the eastern aspect (at 2600–4300 m)than on the western aspect most likely contributed more to
the productivity of the vegetation and, therefore, acted as a regional explanation of the difference in
gamma diversity between the two aspects.

Although species richness increased with the sampling area in all transects, neither area nor
geometric constraint can account for the elevation-related differences between the two aspects as seen
in the species-area curves. However, the differences in the species pool as a regional factor can account
for the consistently higher diversity at all scales on the eastern aspect, and the more complex canopy
structure of the vegetation community on the eastern aspect might also increase the heterogeneity of
the local habitat, which is critical to herb and shrub diversity.

In summary, the elevation-related patterns and the differences between the two aspects, eastern
and western, of the BSM in terms of plant species diversity received prominent support from
the influence of contemporary environment (primarily climate) and regional-scale environmental
differentiation related to historical process, whereas the impact of area and geometric constraint was
found to be somewhat weak. Although local habitat heterogeneity was not measured directly, there
was no indication that it may have a major impact on plant species richness pattern on the scale of the
entire elevation gradient and between the two aspects.

The large proportion of unexplained variation in the models, especially for beta diversity, indicates
uncertainty in the results, and caution is warranted in interpreting them. Owing to the short-term
records of climate and data on biodiversity based on only one transect at every 100-m elevational
distance along each of the aspects of the mountain, further work is necessary to reveal the general
differences between the two aspects of the BSM in terms of elevation-related variation in plant diversity.

4.3. Implications

The TPRR, including the BSM, is listed as a United Nations World Heritage site because of its
exceptional biodiversity, which comprises 20% of the total plant species richness and a quarter of the
vertebrate species richness of China, and its cultural diversity, which encompasses twelve different
ethnic groups [46]. Humans settled this region thousands of years ago, obviously adapted to its
natural resources and environment. Since human activities are strictly prohibited in natural reserves, a
conflict between the modern approach of biological conservation and the traditional strategy of natural
resource management by the local communities was inevitable and sometimes intense, as has been
reported from all over the world [47,48].

Therefore, it is particularly important to know more about the distribution of biodiversity within
the huge expanse of TPRR and to identify priority areas for biodiversity conservation. Although one of
the global centers of plant diversity, especially of gymnosperms [49], the spatial distribution of species
in this region, except the patterns related to elevation, has rarely been studied. Our study provides the
first community-based assessment and data on the differences between the eastern and the western

13



Forests 2016, 7, 89

aspects of the BSM in terms of elevation-related patterns of plant species richness and changes in the
species composition. The mixed coniferous and deciduous broad-leaved forests and the evergreen
Quercus forests are two dominant forest types in this region, typically occupying the more humid or the
drier aspects of the TPRR. Understanding the differences in plant diversity in these two forest types is
helpful in biodiversity conservation and natural management. For example, the extraordinarily high
diversity of conifer species on the eastern aspect at 3200–3300 m corresponds to the maximum plant
species richness across the elevation gradient (Figure S1). Since it included ten species of conifers,
representing three families and six genera, the local habitat serves as a micro-refugium for a large
number of plant species and is probably a biodiversity hotspot within this region. The environmental
requirements of these species deserve further study, which will inform the design of sound conservation
plans and management of human–nature conflicts.

5. Conclusions

Although elevation-related patterns of species diversity and the underlying mechanisms have
been widely discussed, few studies have compared the patterns between different aspects of the same
mountain, and the present study proved to be a unique and helpful opportunity to test competing
hypotheses that seek to explain such patterns. We were able to separate the distinct roles of different
mechanisms that may affect the elevation-related plant diversity patterns in the BSM, to highlight the
role of changes in climatic factors along the elevation gradient and to identify the difference in the effect
of the monsoon between the eastern and the western aspects of the mountain. The study highlights
the differences due to the aspect in patterns of plant biodiversity along the elevation gradient and
provides useful insights for planning biodiversity conservation and forest management in this region.

Supplementary Materials: Supplementary materials are available online at http://www.mdpi.com/
1999-4907/7/4/89.
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Abstract: Coral islands around the world are threatened by changing climates. Rising seas, drought,
and increased tropical storms are already impacting island ecosystems. We aim to better understand
lichen community ecology of coral island forests. We used an epiphytic lichen community survey to
gauge Pisonia (Pisonia grandis R.BR.), which dominates forest conditions on Heron Island, Australia.
Nine survey plots were sampled for lichen species presence and abundance, all tree diameters and
species, GPS location, distance to forest-beach edge, and dominant forest type. Results found only six
unique lichens and two lichen associates. A Multi-Response Permutation Procedures (MRPP) test
found statistically distinct lichen communities among forest types. The greatest group differences
were between interior Pisonia and perimeter forest types. Ordinations were performed to further
understand causes for distinctions in lichen communities. Significant explanatory gradients were
distance to forest edge, tree density (shading), and Pisonia basal area. Each of these variables was
negatively correlated with lichen diversity and abundance, suggesting that interior, successionally
advanced, Pisonia forests support fewer lichens. Island edge and presumably younger forests—often
those with greater tree diversity and sunlight penetration—supported the highest lichen diversity.
Heron Island’s Pisonia-dominated forests support low lichen diversity which mirrors overall
biodiversity patterns. Lichen biomonitoring may provide a valuable indicator for assessing island
ecosystems for conservation purposes regionally.

Keywords: bioindicators; tropical forest; islands; Pisonia grandis; Casuarina equisetifolia; Australia;
ordination; NMS; MRPP; epiphyte

1. Introduction

Changing climates are projected to impact low-lying islands as sea levels rise, cyclonic
disturbances intensify, and droughts and exotic invasions multiply [1–4]. Plant communities which
occupy such locales will likely register the first effects of rapid climate shifts. These forests are
also highly prized for their floral and faunal diversity, ecological links to coral reef health, and
economic values related to tourism. For example, there are nearly 1000 islands along the Great
Barrier Reef (GBR)—a World Heritage Site comprised of coral reefs and cays—that encompass a
high priority conservation region paralleling Australia’s northeastern coast. Designation of protected
areas, of course, is only the first step in a series of actions including gaining ecological insight,
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designing and implementing plans, monitoring, and adjusting actions toward effective resource
conservation. In complex systems, such as coral cay forests, key indicators not only help us to
understand relations between ecological components, they provide representational metrics for
understanding anthropogenic and natural change.

Pisonia (Pisonia grandis R.BR.) forests occur on small islands and coral cays across the Indian and
Pacific oceans. Interspecies dynamics of these unique tropical forests are only marginally understood [5,
6]. Throughout the GBR, the greatest concentration of Pisonia forests occurs within the southern
Capricorn and Bunker island groups [7]. Coral cays within this region, which are Pisonia-dominant,
have been shown to develop a successional pattern where beach grasses and forbs give way to Casuarina
equisitefolia L. and Argusia argentea L.f., which eventually succeeds to recently established Pisonia, then
to “old growth” Pisonia farthest from the forest-beach ecotone at an island’s interior [5,8]. Pisonia
appear to be effective colonizers due to their ability to reproduce by vegetative suckering, rooting of
both attached and detached branches, and by seed dispersal and germination. Sticky seeds of Pisonia
may become affixed to seabirds and thereby be transported to adjacent islands [5,7,8]. To date, the
prime influences on Pisonia forests have been tourist development, drought, invasive insects, and
cyclonic disturbance [2–4].

Epiphytic lichens may be used as indicators of broader forest conditions, such as status, health,
pollution and other human impacts, and long-term trends [9]. We are unaware of applications of this
bioindicator approach in coral cay ecosytems though it is accepted practice elsewhere [9]. Previous
studies have linked lichen communities to forest cover change [10,11], wildlife concerns [12], and
landscape-level biological diversity [13,14]. Forest systems with a wider range of tree species (i.e.,
those with diverse bark chemistries and textures) often support broader lichen floras [11,15,16]. In
Australia, epiphytic lichens were shown to be particularly sensitive to forest disturbance among a wide
suite of indicators [17]. Australia’s mainland woodland ecosystems have yielded from 50–60 lichen
species [16,18], although little is known about lichen diversity in more monotypic, often geographically
isolated, forested island environments.

In the present study we aim to further understand the community ecology of epiphytic lichens on
islands dominated by Pisonia forests. Specifically, our objectives are to: (1) document forest conditions
and epiphytic lichen flora of Heron Island (Figure 1); (2) determine whether lichen communities
differ between dominant forest cover types; and (3) examine causal factors for putative differences in
epiphytic lichen communities and how these factors may be affected by shifts in forest cover over time.
Greater understanding of coral cay lichens generally, and factors contributing to their diversity and
abundance specifically, are expected to inform future conservation efforts where more detailed plant
and animal inventories will be cost prohibitive. As coral cay forests change, due to anthropogenic or
other factors, lichen inventories, as a proxy for system-wide forest conditions (including biodiversity),
may provide an “early alert” avenue for efficient, objective, and credible monitoring.
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Figure 1. Heron Island study area (inset) in the context of the northeast Australia. Nine lichen
monitoring plots (red dots) were selected using a systematic grid overlaid on the Capricornia Cays
National Park (eastern) part of the island. The black line surrounding the vegetated portion represents
the approximate mean sea level boundary. The Pisonia grandis dominated interior section of the
forest appears as a denser, slightly lighter green, cover in contrast to the grey-green fringe Casuarina
equisetifolia/Argusia argentea type. Base map of Heron Island from ©Google 2015 (Imagery date: 2
August 2006).

2. Materials and Methods

2.1. Study Area and Field Methods

Heron Island is a coral cay located on the Great Barrier Reef approximately 80 km northeast of
Gladstone, Australia (UTM zone 56 k: 389,285 E, 7,407,039 N). The island is roughly rectangular in
shape with an east-west orientation and a high point of just over 9 m. The total area of the island at
high tide is about 23 ha, with the vegetated portion covering 20 ha. Annual precipitation averaged 1028
mm and minimum and maximum temperatures were 20.8 and 26.2 ◦C, respectively, from 1956–2007
(Australian BOM, Heron Island Research Station). About half of Heron Island was excluded from
our study due to presence of research, administrative, and tourist facilities. Thus, 9.4 ha of forest
terrain on the Capricornia Cays National Park portion (east half) of the island comprised the study
landscape. Field activities were conducted during mid-November 2014. Our method set out to
establish at least one lichen and forest mensuration plot per h−1 of undeveloped forest. We projected
a 50 × 50 m grid over the study area and sub-selected sample plots from the alternate intersecting
points along roughly east-west grid lines (273◦ magnetic). The northern most grid line intersected
the non-forest (beach) zone, so we reselected a new plot (H2) from the original 50 × 50 m gird (i.e.,
not an alternating intersection point) same grid line to include a similar edge forest type. Thus, while
most sample locations were 100 m from one another, those along the first island transect are just 50
m a part (Figure 1). The final sample design consists of nine plots in three forest types: three each in
Casuarina equisetifolia/Argusia argentea (CAEQ/ARAR), Pisonia grandis mixed (PIGR-mixed), and Pisonia
grandis dominant (PIGR). This sampling scheme is not proportional to forest type coverage (Pisonia =
~75%–80% of the study area); we favored sampling to maximize substrate and lichen diversity, rather
than oversampling what appeared to be a low lichen diversity Pisonia community. Thus, by design,
we selected plots along pre-established transect lines, which favored equality among differing forest
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types, but added some bias against oversampling of Pisonia communities. Since our first objective was
to conduct a thorough sample of epiphytic lichens on Heron Island we felt justified in making this
decision. In terms of sampling area, each plot represents slightly more than 1 ha of the total forested
area within the National Park portion of Heron Island.

For the current study all data was recorded in sub-sampling overlying areas, either 20 m radius
(lichen communities) or 7 m radius (tree measures), that were assumed to be representative of a ha−1

area centered on grid intersections (plot center). At each plot center we recorded Universal Transverse
Mercator (UTM) coordinates using a Geographic Positioning System (GPS) and noted the dominant
tree overstorey (forest type). A series of forest measures were taken within a 7 m radius (154 m2)
sample plot. We tallied all trees that reached breast height (1.3 m), noted species and status (live/dead),
and recorded their diameter at breast height (dbh) to the nearest cm. Trees were classed by diameter as
follows: Mature > 12 cm dbh; Submature = 3–11.9 cm; Immature < 3 cm. Where trees grew in irregular
forms at dbh we measured the most consistent narrow portion of the tree bole between basal root
collar and multiple trunks [7].

A larger lichen survey area (20 m radius) was centered on the tree plot and followed the basic
protocols of the United States Forest Service, Forest Health Monitoring (FHM) program [19,20]. This
larger lichen sample area is required to pick up the widest diversity of lichens within a reasonable data
collection period. Lichen surveys are conducted under a limited time regime to ensure consistency
of sampling between plots. Because our plot areas were much smaller than the FHM program we
shortened the survey time to a maximum of 60 min. If no species are found for 10 min following the 30
minute mark the survey is terminated. Lichen field personnel attempt to look at all woody substrates
above 0.5 m height, but may include recently fallen tree branches to include lichens which may grow
only high in the forest canopy. Putative species are placed in separate packets, given an abundance
rating, and positively identified in the laboratory. We included lichen associates—lichen-like bodies of
consistent form and relative abundance, but underdeveloped properties (i.e., containing fungal and
algal elements)—because we felt they strongly indicate potential for establishment of additional lichen
flora. For each lichen packet we recorded tree species substrate, as well as any further identifying
characteristics. After completion of the lichen survey each species is assigned a qualitative abundance
class for the entire survey area: 1 = 1–3 individuals (distinct thalli); 2 = 4–10 individuals; 3 = more than
10 individuals, but less than presence on 50% of all woody substrates; 4 = presence on more than 50%
of woody substrates. A previous study indicated that for sparsely populated epiphytic communities,
visual lichen abundance classes were preferable to continuous cover measures because accuracy was
comparable while efficiency was greatly increased [21]. Voucher specimens were retained by the
lead author, though a number of unknown samples were checked and retained at the Queensland
Herbarium, Brisbane Botanic Gardens (second author).

2.2. Derived Variables and Analytical Methods

Following data collection all values were checked for accuracy and completeness, then expanded
to reflect the 1 ha sample unit. GPS values were verified for accuracy by projecting them onto a map of
Heron Island, then the variable “Distance to Forest Edge” was measured to the nearest meter using GIS
(ESRI ArcMap®) digital tools. Trees ha−1 were calculated by multiplying the plot tally from the fixed
area (154 m2) by a factor of 66.99. The two larger dbh classes were used to calculate basal area (BA)
and the immature class was intended to capture reproduction rates. All ha−1 BA values were derived
by multiplying the total of all individual tree BAs by same fixed area expansion factor. Live BA and
Pisonia BA were calculated separately for each plot to assess their contribution to lichen community
diversity. For number of tree species, number of lichens, lichen species abundance, and total lichen
abundance we assumed that values obtained on sample plots accurately reflected the larger 1 ha
sample unit.

Other than descriptive characterization of the study area forests and lichens (objective 1), our
analysis used multivariate statistics to assess potential differences in lichen communities by forest
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type groups (objective 2) and, if significant differences were found, explored environmental factors
contributing to these differences (objective 3). We used PC-ORD® v. 6.0 software [22] for all statistical
analyses. Multi-Response Permutation Procedures (MRPP) is a nonparametric test for describing
within group agreement of species assemblages. We selected MRPP because of the nature of our
small total data matrix and the number of small-occurrence lichen species [23]. The Sørensen distance
measure was used because it is less inclined to exaggeration of the outliers inherent in our data set.
MRPP produces an A-value which is the chance-corrected within group agreement (effect size), as well
as a p-value establishing level of test significance [24]. For exploratory analyses of explanatory factors
we used nonmetric multidimensional scaling (NMS) [25] to ordinate a primary matrix of lichen species
by sample locations (plots). A secondary matrix of environmental variables by plots was evaluated in
relation to the main species ordination. The lowest stress solution was derived from 250 runs with
real plot data. “Stress” is a quantitative assessment final NMS solution monotonicity, a measure of
how well real data fit the ordination [23,24]. The lowest stress solution was subjected to a Monte
Carlo test of an additional 250 randomized iterations to evaluate the probability of the final NMS
solution being greater than chance occurrence. Orthogonal rotation of the final ordination was used to
maximize correlation between the strongest environmental variables (i.e., Pearson r values) and the
major ordination axes. The lowest number of dimensions (axes) was selected when adding another
dimension would have decreased the final stress by <5 [24]. For all tests we used a 95% confidence
level (p ≤ 0.05) to determine significance.

3. Results

3.1. Forest Conditions and Lichen Species of Heron Island

Nine forest-lichen sample plots on Heron Island yielded an array of community conditions in
a relatively small area. Table 1 presents basic location and forest statistics by three principal forest
types. UTM locations simply represent east-west and north-south physical locations of sample plots.
Plot distance to forest edge ranged from 8–108 m; those forests farthest from the beach/forest ecotone
tended to be nearly pure, often dense, and likely older Pisonia stands. The average number of trees
ha−1 was 1228, with the greatest number of trees being found on Pisonia and Pisonia mixed plots.
Total BA measures were again mostly elevated in Pisonia stands as compared to plots located in forests
of non-Pisonia species. Overall, there are very few standing dead trees on Heron Island as shown in
the small difference between total and live BA (Table 1). As expected, we find a higher volume of
Pisonia BA in the Pisonia forest type versus mixed and other types. Two locations (H1, H3) tallied no
Pisonia, resulting in overall low BA. The plot the farthest from the forest edge (H15) did not match
dominant study patterns: a high number of small trees, largely Pisonia, resulted in a relatively low BA.
Pisonia stands contained fewer trees species and lower lichen diversity and abundance (Table 1). We
tallied only 12 immature tree stems in the entire study; eight Pisonia and the remaining four divided
among Ficus opposita Miq. (2), Cordia subcordata Lam. (1), and Celtis paniculata Endl. (1).
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Table 1. Forest statistics by sample location (plot) for Heron Island, Australia. Forest Types are
comprised of the principal overstorey tree species: CAEQ/ARAR = Casuarina equisetifolia/Argusia
argentea; PIGR mixed = 50%–95% Pisonia grandis with lesser coverage of CAEQ, ARAR, Pandanus
heronensis (PAHE), and Pipturus argenteus (PIAR); PIGR ≥ 95% PIGR. BA = basal area.

Plot
ID

Forest Type
UTM
Easting

UTM
Northing

Distance to
Forest Edge

(m)

Trees
ha−1

Total BA
(m2/ha−1)

Live BA
(m2/ha−1)

Pisonia
BA

(m2/ha−1)

Tree
Species
Count

Lichen
Species
Count

Total
Lichen

Abundance

H1 CAEQ/ARAR 389,458 7,407,117 18.80 780 9.54 9.54 0.00 4 4 14
H2 CAEQ/ARAR 389,405 7,407,147 8.00 325 41.17 40.66 29.39 4 4 12
H3 CAEQ/ARAR 389,368 7,407,153 8.69 390 32.07 31.06 0.00 3 4 14
H11 PIGR mixed 389,467 7,406,983 14.70 975 46.72 46.72 32.52 3 3 10
H13 PIGR 389,387 7,407,023 83.83 1755 144.87 144.74 144.87 1 1 4
H15 PIGR mixed 389,285 7,407,039 103.10 1950 28.92 27.49 15.90 4 2 6
H21 PIGR mixed 389,342 7,406,946 14.36 1820 116.84 116.48 109.29 3 5 12
H23 PIGR 389,261 7,406,963 25.43 1885 97.19 97.19 96.80 2 3 7
H25 PIGR 389,133 7,407,033 31.75 1170 75.91 74.44 74.26 3 1 4

Our survey recorded six identifiable lichens and two lichen “associates” (see Materials and
Methods). We included lichen associates—lichen-like bodies of consistent form and relative abundance,
but underdeveloped properties—because we felt they strongly indicate potential for establishment
of additional lichen flora (both contained fungal and algal elements). Lichen species, as well as their
presence, abundance, and prominent substrates are shown in Table 2. The few species tallied parallels
a limited diversity in woody substrates on the island. The species list here comprises mostly common
northeastern Australian species, with the exception of one incidence of Strangospora ochrophora (Nyl.)
R.A. Anderson (new to tropical Australia). Lichen forms are exclusively foliose and crustose in the
study area, a feature common in environments of limited resources [26]. No individual lichen species
was found at every sample location and two species were found only on a single plot. The most
common lichen, though not most abundant, was Hyperphyscia adglutinata (Flörke) H. Mayrhofer and
Poelt. Landscape abundance scores reflect low lichen community presence overall (maximum possible
per species = 36). A total of eight tree species were tallied in our survey, though only five of these
supported lichens (Table 2). No lichens were recorded on Ficus opposita, Cordia subcordata, or Celtis
paniculata, primarily interior forest tree species.
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Table 2. Epiphytic lichens and associates recorded by form, frequency, landscape abundance, and
substrate tree species. Associates are lichen-like thalli of consistent form and relative abundance on
trees in the study area that were unidentifiable due to poor development. Tree species are listed by
code: Argusia argentea (ARAR), Casuarina equisetifolia (CAEQ), Pandanus heronensis (PAHE), Pipturus
argenteus (PIAR), Pisonia grandis (PIGR). Landscape abundance is the sum of abundance scores, by
species, across all sample plots.

Species Species Code Form
Frequency of

Presence (% Plots)
Landscape
Abundance

Substrate Tree
Species

LICHENS

Dirinaria picta DIPI foliose 33 11 CAEQ

Pyxine cocoes PYCO foliose 56 19 ARAR, CAEQ,
PAHE, PIGR

Hyperphyscia
adglutinata HYAD foliose 66 17

ARAR, CAEQ,
PAHE, PIAR,

PIGR

Coenogonium
queenslandicum COQU crustose 22 3 ARAG, PIGR

Lecanora
arthothelinella LEAR crustose 11 2 ARAR

Strangospora
ochrophora STOC crustose 11 2 PIGR

ASSOCIATES

Cyanobacterium CYANO crustose 56 13 ARAR, CAEQ,
PIGR

Sterile thalli THALLI crustose 44 16 PIGR

3.2. Lichen Community Differences among Forest Types

MRPP results found significant homogeneity within groups for the overall data set (A = 0.411,
p = 0.015), as well as among individual group pairs (Table 3). CAEQ/ARAR vs. PIGR displayed the
most within group agreement for lichen communities (A = 0.490, p = 0.024), while the two mixed forest
types showed somewhat less similarity though results were highly significant (A = 0.190, p = 0.025).
The lower negative T statistic (−1.364) and insignificant result (p = 0.09) for PIGR mixed vs. PIGR
indicates the weakest between group distinction in lichen tally. Overall, A values (i.e., effect size) for
this study are somewhat high suggesting a strong group difference, though some caution is warranted
given the small sample size [24].

Table 3. Multi-Response Permutation Procedures (MRPP) test results for differences in lichen
communities between forest types. “T” is the MRPP test statistic which calculates the difference
between observed and expected delta. “A” is the chance-corrected within-group agreement [24]
(pp. 188–193).

Forest Type Pairs T A p

CAEQ/ARAR vs. PIGR mixed −2.457 0.190 0.025
CAEQ/ARAR vs. PIGR −2.604 0.490 0.024
PIGR mixed vs. PIGR −1.364 0.235 0.097
All types (grand test) −2.704 0.411 0.015

3.3. Environmental Factors Affecting Coral Cay Lichen Communities

Ordination resulted in a two-dimensional solution on a matrix of eight species by nine sample
locations, with a secondary matrix of nine environmental variables. The final NMS solution produced
a stress value of 0.001 with an instability of 0.00. A Monte Carlo test of 250 random data runs versus
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the real data set verified a significant NMS outcome (p = 0.008). Figure 2 displays a joint plot of the
ordination where an overlay of the categorical variable forest type is plotted in lichen “species space”
further supporting results of the MRPP test for within group agreement and between group separation.
The two-axis solution described about 97% of ordination variance (axis 1: r2 = 0.648; axis 2: r2 = 0.339;
orthogonality = 28.5). Length and direction of vectors corresponds to environmental (explanatory)
variable strength and relationship to the two-dimensional lichen species space. Only environmental
variables making the strongest contributions to species distributions are shown (i.e., r ≥ 0.5 or < −0.5)
in the joint plot (Figure 2). Table 4 presents NMS results by axes for all environmental variables and
lichen species. Strong positive and negative responses to axis 1 (Figure 2, Table 4) suggest factors
working in opposition to each other in terms of their influence on lichen presence and abundance on
Heron Island. As the stronger of the two dimensions represented here, axis 1 appears to describe a
gradient of available light, tree density, and tree diversity where higher lichen species richness and
abundance align positively with UTM easting and more diverse forest types, and negatively with
distance to forest edge and number of trees ha−1. Lack of strong responses along axis 2 indicate poorly
defined explanatory factors or the absence of critical elements in our survey (Figure 2). Foliose lichen
species (Dirinaria picta (Sw.) Clem. and Shear, Pyxine cocoes (Sw.) Nyl., Hyperphyscia adglutinata (Flörke)
H. Mayrhofer and Poelt) strongly favor the apparent light and tree species diversity gradient suggested
by axis 1 (Figure 3), while crustose lichens (Coenogonium queenslandicum (Kalb and Vĕzda) Lücking,
Lecanora arthothelinella Lumbsch (Figure A1), Strangospora ochrophora appear to favor the undefined
factor(s) determining nearly 40% of the variance within axis 2 of this ordination (Table 4).

Figure 2. A jointplot depicts the results of nonmetric multidimensional scaling (NMS) ordination of
eight lichen species by nine sample plots. Highly correlated environmental variables (r > 0.5 or < −0.5;
Table 4) are overlaid on the ordination to show relationships to primary axes. Vectors indicate direction
(arrow) and strength (length) of these factors in the ordination space defined by plot values of all
measured variables. Variables shown are: distance from the sample plot center to forest/beach edge
(dist_edg), total trees per ha (tr_ha), lichen species count per plot (lich_spp), UTM location easting
(utm_e), and abundance of all lichen species per plot (lich_ab). Forest types are described in Table 1
(CAEQ/ARAR = Casuarina equisetifolia/Argusia argentea) and show how groups separate in the Heron
Island lichen ordination space. Symbols in bold correspond to forest type group centroid values.

24



Forests 2015, 6, 1557–1575

Figure 3. Foliose lichens of Heron Island. (a) Dirinaria picta on she-oak (Casuarina equisetifolia) bark;
(b) Pyxine cocoes on she-oak bark; (c) Hyperphyscia adglutinata on Pisonia (Pisonia grandis) bark. White
polygons in 3c are the sterile thalli found commonly throughout the study on Pisonia.

Table 4. Coefficients of determination for correlations between environmental variables, lichen species,
and primary ordination axes. Variables in boldface have r values >0.5 or <−0.5.

r Value

Code Axis 1 Axis 2
ENVIRONMENTAL VARIABLES

UTM Easting utm_e 0.710 0.151
UTM Northing utm_n 0.401 −0.318

Distance to Forest Edge (beach) dist_edge −0.741 0.109
Number of Trees ha−1 tr_ha −0.685 0.202
Total Basal Area ha−1 ba_total −0.491 0.111
Live Basal Area ha−1 ba_live −0.485 0.108

Pisonia grandis Basal Area
ha−1 ba_pigr −0.547 0.072

Number of Tree Species tr_spp 0.499 0.216
Number of Lichen Species lich_spp 0.916 0.344

Total Lichen Abundance (Plot) lich_ab 0.959 0.113

LICHEN SPECIES

Dirinaria picta DIPI 0.667 −0.299
Pyxine cocoes PYCO 0.974 0.355

Hyperphyscia adglutinata HYAD 0.978 0.145
Coenogonium queenslandicum COQU −0.223 0.544

Lecanora arthothelinella LEAR 0.261 0.695
Strangospora ochrophora STOC −0.308 −0.667

Cyanobacteria (unknown) CYANO 0.964 0.231
Sterile lichen thalli (unknown) THALLI −0.992 −0.319

4. Discussion

4.1. Lichens as Indicators of Forest Diversity

Relatively low plant diversity of Pisonia-dominated islands is mirrored in both the tree and
lichen communities of Heron Island. Walker et al. [7] recorded 35 vascular plant species for Heron
Island, while Batianoff [5] and Batianoff and Hacker [6] documented 40 and 28 plant species for nearby
Masthead and Wilson Islands, respectively. We found six identifiable lichen species and two potentially
nascent lichen forms within the Heron Island forest community. We acknowledge this low tally of
among our target taxon limits the power of statistical analysis, though a species-area curve illustrates
that our sampling was adequate for the number of lichen species captured (S2). Also, a very limited
lichen flora presents some unique considerations. The greatest diversity of these lichens was found in
forests not dominated by Pisonia (Figure A3). Three of the six lichens occurred on only one or two of
our nine sample locations and landscape abundance of species was moderate to low (Table 2). Pisonia
dominated stands—visually depauperate of understorey vascular plants (Figure 4)—were among the
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most limited in lichen diversity and total abundance (Table 1). Moreover, the most significant contrast
in lichen community make-up was found between CAEQ/ARAR and PIGR forest types, indicating a
strong habitat gradient predicated upon the number of tree species present and reflective of greater
plant diversity under CAEQ/ARAR cover [5] (Figure A3). We also note an apparent phenotypic
distinction between CAEQ/ARAR and PIGR where the former correlated well with foliose lichens
and the later favored crustose species (Table 4).

Figure 4. Highly shaded Pisonia (Pisonia grandis) forests support few understorey plants or arboreal
lichens. Shearwater nests are visible as excavated holes and sandy mounds across the forest floor.

Systematic inventories of coral cay lichen communities are uncommon, but may aid
conservationist efforts in rapid assessments of forest status, diversity, and change over time where
vascular plant surveys are potentially cost prohibitive. Simple visual surveys, or other techniques
such as measures of light penetration, may lack a quantitative basis that relates directly to overall
biodiversity such as demonstrated here with a lichen community indicator. In North America [19],
Europe [27], and Australia [17] such practices have yielded great insights into forest conditions and
are now commonly included in larger suites of national forest monitoring indicators [9,20]. Our
challenge will be to assess how well lichen communities track changes in plant diversity as we move
from relatively simple island systems to those of greater diversity. For example, Walker et al. [7]
make a case for higher floral diversity on Pisonia islands of the northern Great Barrier Reef versus
the southern islands. The bulk of all Pisonia forest coverage in Australia, however, is found in the
southernmost island groups [5]. Similarly, we may consider tracking changes in vegetative diversity
using successional gradients (based on dominant tree cover) as a surrogate for time [11]. Relationships
between biodiversity and Pisonia height, time since disturbance, relative amount of coverage, presence
of other tree species, plus salt, light, and wind tolerance have been posited by others [7,28]. Use of this
information alongside systematic lichen community surveys can provide indices of plant diversity, as
well as establish baseline data for addressing status and trend issues within the broader context of
Great Barrier Reef conservation.

4.2. Key Factors Influencing Pisonia-Dominated Lichen Communities

The present study, in both field and analytical approach, was limited in scope and number of lichen
species; therefore, results should be viewed in an exploratory vein. Nonetheless, findings presented
here suggest that lichen communities, and by extension greater plant diversity, are dependent on
relative coverage of Pisonia forests. Near the forest fringe we recorded greater tree diversity and more
lichen species; the interior Pisonia forest displayed the opposite pattern (Figure 4). Ordination of all
lichen, tree, and environmental data for this study resulted in a strong gradient to support this finding
(Figure 2, Table 4). Axis 1 demonstrates a lichen community affinity for available sunlight where those
plots located generally further east on the island and having more tree species (COEQ/ARAR) strongly
correlated with higher lichen diversity and abundance. In contrast, PIGR and one PIGR mixed tree plot
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(H15) were located far from the forest-beach ecotone, had high tree density, and high Pisonia BA, all of
which are associated with low light, shaded, and limited tree species environments. Number of tree
species is just below the threshold for inclusion in the ordination jointplot, though it is still strongly
positively correlated with lichen rich and high light environments (Table 4). In moist forests, available
light, often measured in terms of forest gaps, is positively correlated to lichen diversity [10,15]. Further
examination of one sample location (H15) is illustrative of several key points. This interior forest stand
was dominated by Pisonia, though the presence of three other tree species (i.e., diverse lichen habitat)
was insufficient to overcome the negative effects of a low light environment on lichen community
vigor (Table 1, Figure 2). Another possible reason for limited lichens at H15 is that recent localized
disturbance to this forest has promoted ingrowth of additional trees which are too young to have
allowed lichen establishment. This recent “gap” disturbance theory is somewhat supported by the
high tree count, but low total BA found at H15.

Axis 2 of our ordination provides no clear explanatory value toward understanding lichen
community gradients on Heron Island even though nearly 40% of our variance resides here (Figure 2).
One possible explanation that was not specifically tested here is nitrogen (N) deposition. A rich body
of research in Europe and North American provides evidence for strong gradients related to airborne
N [15,29–31]. In these works, documentation of nitrogen tolerant (nitrophilous) and intolerant lichen
species has aided ecologists in determining previously unseen sources of forest degradation. Heron
Island, similar to other Pisonia-dominated cays, is a prime breeding site for large populations of two
prominent Great Barrier Reef seabirds: white-capped noddy (Anous minutus Boie) and wedge-tailed
shearwater (Puffinus pacificus Gmelin). While the shearwater, which nests underground, is thought to
be instrumental in transporting Pisonia seed [7], approximately 70,000 noddies nest in Heron Island
tree canopies and deposit an estimated 103 g·m−2 of N annually (Figure A4) [32]. Direct deposition
of N from seabird guano on trees, as well as indirect uptake of N via groundwater leaching and root
uptake may, while apparently being tolerable to Pisonia itself [33], be intolerant for potential lichen
colonizers. In the present study, we note that nascent lichens in the form of cyanobacteria were only
recorded in locations near the island’s perimeter (high light environments) and with putatively low
N deposits (non- or mixed-Pisonia forest types). Neitlich and McCune (10) have noted that N-fixing
cyanolichens also thrive in high light communities such as those found near Heron Islands forest
edge. Additionally, Schmidt et al. [33] found a vascular plant gradient of sorts on Heron Island where
greater presence of N in plants associated with Pisonia appeared to be lessened in plants at or near the
forest-beach ecotone. Further work in this arena will be required to fully understand light, nitrogen,
and species diversity issues in coral cay forest environments.

A final factor, also not measured directly here, is tree bark texture. In general, trees with smoother
bark are less conducive to lichen establishment [15]. Previous work on North American quaking aspen
(Populus tremuloides Michx.) tested whether portions of trees with smooth versus rough or scarred bark
would attract more species and found stark contrast in favor of scarred trunk sections [11]. We note
here that Pisonia has smooth bark which may be deleterious to lichen colonization and may be partly
responsible for undefined factors reflected in axis 2 of our ordination.

From a temporal perspective, Pisonia-dominated coral cays should be viewed as dynamic
systems in which dependent plant communities, including lichens, will respond to periodic forest
disturbances and recovery processes. Previous work on Heron Reef (and elsewhere) advocated
for an “intermediate disturbance hypothesis” wherein the highest species diversity was associated
with moderate disturbance levels [28]. A key explanatory ingredient for lichen communities in the
Rocky Mountains, USA, in addition to N deposition was forest succession [31]. In their work, the
temporal transition between dominant forest cover types, also an intermediate level, explained more
environmental variance than all other factors. Recent work in a boreal setting also supports greater
lichen diversity among mixed tree species at mid succession stages [34].

Climate variability plays a key role in Pisonia forest dynamics, with both cyclone activity and
drought resulting in tree mortality. There is clear evidence that cyclones can dramatically impact
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Pisonia forests, with Cyclone Dinah in 1967 [35], Cyclone David in 1976 [36], and Cyclone Paul in
1980 [3] all damaging Pisonia via wind shearing. These events resulted in much more open forest
environments in the 1970s and 1980s compared to the present. Drought can also stress Pisonia trees,
making them more susceptible to mortality through infestation by scale insects (Pulvinaria urbicola
Cockerell) and attendant ants, which collectively reduce Pisonia cover [1]. There is evidence that
climate variability may influence scale insects and ant population dynamics, with trees being more
susceptible to infestation through stressed trees mobilizing nutrients in the soil during drought events
and indirectly through a reduction in Nitrogen soil inputs due to rising sea temperatures reducing prey
availability to resident seabirds [2]. Greenslade [2] also noted that scale insect and ant populations
dropped when wetter and cooler conditions returned. Thus, we speculate, given the present study
addressing lichen communities on Heron Island, that broader regional impacts to Pisonia forests
impacted by disturbance and climate change will be reflected in early warning mechanisms such as
the lichen bioindicator approach demonstrated here.

5. Conclusions

We conducted a systematic survey of epiphytic lichen communities on a small coral cay on the
Great Barrier Reef, Australia. Heron Island, less than 0.2 km2, is dominated by Pisonia grandis forests
which often exhibit low vegetative diversity. The results of this exploratory study strongly suggest that
lichen communities are no exception; six identifiable species were confirmed here where mainland
forests supported 50–60 lichen species [16,18]. Lichen forms within the forested environment of Heron
Island were either foliose or crustose and were most abundant and diverse near the beach-forest
ecotone. In contrast, Pisonia-dominated interior forests were nearly depauperate of epiphytic lichens.
Conclusions of this study suggest lichens demonstrated distinct preferences for forest communities
found near the island’s perimeter. The most important explanatory variables for lichen presence,
abundance, and distribution on Heron Island were distance to forest edge, number of trees ha−1 and
Pisonia basal area. As each of these variables increases, they positively relate to the degree of shading
and negatively influence lichen occurrence. Mature forests severely limit sunlight penetration, which
in turn inhibits most understorey growth. This study highlights a gradient for response to Pisonia
shading, providing further evidence for lichens as indicators of broader forest diversity. We speculate
that the trends in plant community development shown here will vary depending on frequency of
coral cay disturbances. Demonstrated links between lichen communities and forest/successional
pathways, such as those shown here, have potential to inform policy and management actions. A key
question for future work is whether the lichen biomonitoring techniques applied here are exportable
to greater regional studies of island forest development, biodiversity, and change over time.
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Appendix A Supplementary

Figure A1. The lichen Lecanora arthothelinella on Argusia argentea bark.

Figure A2. Species-Area Curve for number of plots required to capture complete lichen census at
Heron Island, Australia. The asymptotic nature of the species curve (dark blue), as well as Sørensen
distance curve (bright blue), describes a maximization of effort (number of plots) required to capture
the complete epiphytic lichen flora of the survey area. Dotted lines represent ±1 standard deviation.
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Figure A3. Two views of island edge forests (CAEQ/ARAR), which allow much greater light
penetration, understorey plant cover, and tree diversity. (a) depicts field measures among
predominantly Argusia argentea cover; (b) shows Pandanus heronensis.

Figure A4. White-capped noddy (Anous minutus) nesting in Pisonia (Pisonia grandis) tree. The lack
of nesting material and great number of noddies present (est. 70,000 birds; [32]) restricts bird nest
make-up to only Pisonia leaves.
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Abstract: Within the Analytic Hierarchy Process (AHP) framework, a hierarchical model was
created considering anthropogenic, genetic and ecological criteria and sub-criteria that directly
affect Douglas-fir (Pseudotsuga menziesii (Mirb.)) risk of extinction in central Mexico. The sub-criteria
values were standardized, weighted, and ordered by importance in a pairwise comparison matrix;
the model was mathematically integrated to quantify the degree of extinction risk for each of the 29
populations present in the study area. The results indicate diverse levels of risk for the populations,
ranging from very low to very high. Estanzuela, Presa Jaramillo, Peñas Cargadas and Plan del Baile
populations have very low risk, with values less than 0.25. On the other hand, Vicente Guerrero,
Morán, Minatitlán, La Garita and Tonalapa populations have very high risk (>0.35) because they
are heavily influenced by anthropogenic (close to roads and towns), ecological (presence of exotic
species and little or no natural regeneration) and genetic (presence of mature to overmature trees
and geographic isolation) factors. In situ conservation activities, prioritizing their implementation
in populations at most risk is highly recommended; in addition, germplasm collection for use of
assisted gene flow and migration approaches, including artificial reforestation, should be considered
in these locations.

Keywords: Douglas-fir; risk analysis; conservation of populations; Analytic Hierarchy Process (AHP);
multi-criteria evaluation; assisted gene flow

1. Introduction

Pseudotsuga menziesii (Mirb.) Franco barely survived in Mexico after the last ice age; the gradual
increase in temperature forced this species to migrate from south to north and towards higher altitude
in the mountains [1], which resulted in a fragmented and discontinuous distribution. In Mexico, this
conifer is mainly distributed in the northern region, although in the central part of the country the
species exists in small isolated stands [2]. At the southernmost limit, two isolated populations are
located in the state of Oaxaca [3,4].

Added to this, the improper use and exploitation of natural resources affects forest species to the
extent that some of them are endangered or threatened [5,6]. This is the case of P. menziesii located in
the central region of Mexico, where the species grows in 29 small, fragmented populations suffering
high anthropogenic pressure due to land-use changes, overgrazing, forest fires, inappropriate cone
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collecting, pest attack and illegal tree cutting and timber [7,8]. Also, Mexican populations of P. menziesii
are exposed to high environmental stress due to their location at the southern end of its natural
distribution [7,9]. The above-mentioned situation has caused a reduction in the size and density of
populations, as well as low natural recruitment [8]; these circumstances are causing a reduction in
genetic diversity and reproductive capacity associated with increased inbreeding [2,10].

P. menziesii is a valuable species for timber and wood production, but in Mexico this conifer is
listed as protected by the Mexican government [11], so it is mainly used for Christmas-tree plantations.
Therefore, the protection and proper management of each remaining population of the species is
important for both natural recovery and establishment of commercial Christmas-tree plantations. It is
imperative to implement in situ and ex situ conservation activities to ensure the preservation of the
P. menziesii stands in its natural habitat, thereby allowing continuous evolution of the species and
conservation of the remaining gene pool.

When designing conservation strategies for the species, we must understand and prioritize the
current extinction risk experienced by the remaining populations. Risk of extinction is related to
population viability and can be defined as the probability of the continued existence of populations
over specified time periods [12], which can be estimated by qualitative and quantitative means. It
refers to the likelihood of global or local extinction of target taxa. In this sense these authors suggest
that no single measure is sufficient to assess population viability (risk) but different pools of data and
type of analysis are necessary. Therefore, several methods to assess population risk might exist based
on factors that potentially influence the viability of a species and upon its intrinsic characteristics.

The purpose of this study was to estimate, using a multi-criteria analysis technique, the Analytic
Hierarchy Process (AHP), the degree of extinction risk faced by each natural P. menziesii population
located in Central Mexico (states of Hidalgo, Tlaxcala and Puebla) influenced by anthropogenic,
genetic, and environmental factors. Based on AHP, priorities to define a conservation strategy for the
species in the region were determined.

2. Materials and Methods

2.1. Analytic Hierarchy Process (AHP)

Ventura-Ríos et al. [2] determined the spatial distribution of P. menziesii in central Mexico by
characterizing 29 small, isolated populations. The present study examines the extinction risk of
those populations located in the states of Hidalgo, Tlaxcala and Puebla (Figure 1). The extinction
risk analysis was performed using the methodology known as Analytic Hierarchy Process (AHP),
a structured approach to complex decision-making defined by Saaty [13] for decision-making in
business environments based on the simultaneous analysis of multiple criteria. AHP is one of the most
used tools in what is known as multi-criteria decision-making [14]. The tool has been successfully
used to define strategies to mitigate the risks associated with decision-making in forestry [15,16] and
environmental issues [17]. Theoretical details of the methodology can be found in Saaty [13] and
Malczewsky [18]. Saaty and Niemira [14] presented a thorough summary of the technique. We describe
the AHP applied to define extinction risk of P. menziesii populations located in central Mexico.
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Figure 1. Geographical location of Pseudotsuga menziesii (Mirb.) Franco populations in central Mexico.

A model with three hierarchies was developed: definition of goal or objective, identification and
definition of criteria for evaluating alternatives, and identification of decision alternatives (Figure 2).
Three criteria or decision variables (anthropogenic, genetic and ecological) were considered to estimate
the extinction risk of P. menziesii populations, each of them composed by several sub-criteria, 14 in
total (Figure 2). The three criteria employed are not exhaustive, but these were considered as the most
important issues to conduct an assessment of the current risk for these populations.
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Figure 2. Decision problem hierarchization and sub-criteria considered. PR: Property regime; DR:
Distance to roads; IFC: Interest in forest conservation; FMP: Forest management program; MEA: Main
economic activity; DHP: Distance to human population; Age: Estimated age of Douglas-fir trees; DBP:
Distance between populations of Pseudotsuga; PDen: Population density; NRT: Number of trees at
reproductive age; Exot: Introduction of exotic species; P & D: Presence of pests and diseases; PmDS:
Pseudotsuga menziesii is the dominant species; NReg: Natural regeneration.

2.2. Description and Application of Criteria and Sub-Criteria

In order to make a proper comparison using mathematical procedures, sub-criteria were
standardized to a common scale or value range from 1 (low contribution) to 9 (high contribution)
following the logic for the scale defined by Saaty [13], as shown in Table 1. The value assigned to
each sub-criterion, considering the 1-to-9 scale (Table 1), was defined based on scientific literature and
considering the results of the survey developed for the owners of P. menziesii populations under study
(this is indicated following the description of the sub-criteria, according to the case). We used this
combination of data sources in order to broaden the perspective of the analysis by including relevant
social criteria in the Mexican context. Also, local and site-specific sampling provides more realistic
information for the analysis.
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Table 1. Standardized values for the sub-criteria used to determine the risk of 29 populations of
Pseudotsuga menziesii in central Mexico.

DR Value MEA Value DHP Value DBP Value NRT Value

>5 1 Conservation 1 >7.0 1 <2 1 >800 1
3.1–5.0 3 Ecotourism 3 4.1–7.0 3 2–5 3 401–800 3
1.6–3.0 5 Silviculture 5 2.1–4 5 5.1–10 5 201–400 5
0.5–1.5 7 Agriculture—livestock 9 0.5–2.0 7 10.1–30 7 51–200 7

<0.5 9 <0.5 9 >30 9 <50 9
PR FMP PDen Age NReg

Communal 1 Yes 1 <10 7 Young 1 Good 1
Ejidal 3 Use rules 3 11–20 5 Mature 4 Low 5

Private 5 No 7 21–30 3 Overmature 4 None 9
>30 1

IFC Exotic P & D PmDS
Yes 1 Yes 7 Yes 7 Yes 1
No 7 No 1 No 1 Moderate 4

No 7

DR: Distance to roads (km); MEA: Main economic activity; DHP: Distance to human population (km); DBP: Distance
between populations of Pseudotsuga (km); NRT: Number of trees at reproductive age; PR: Property regimen; FMP:
Forest management program and/or forest-use rules; PDen: Population density (No. trees ha−1); Age: Estimated
age of Douglas-fir trees; NReg: Natural regeneration; IFC: Interest in forest conservation; Exotic: Introduction of
exotic species; P & D: Presence of pest and diseases; PmDS: Pseudotsuga menziesii is the dominant species.

2.2.1. Anthropogenic Criteria

Considering that human activities positively or negatively impact the conservation of P. menziesii
populations, six sub-criteria were included in the criteria (Table 1):

Distance to roads: Distance (km) between the stands (P. menziesii populations) and roads; the
shorter the distance, the greater the risk of extinction [19].

Property regimen: The type of ownership (communal, private or “ejido”) influences the
conservation of populations. Based on conducted surveys, it is assumed that forest care is the best
when the property regimen is communal, followed by the ejido. Forest in private ownership is the
riskiest in the region. An ejido is a land concession given by the Mexican Government to a group of
people after the Mexican Revolution (1918); is a collectively owned piece of land in which community
individuals possess and farm a specific plot, but forestland is managed on a communal basis. Currently
more than 70% of the forestland in Mexico is under this ownership regime.

Interest in forest conservation: If interest is expressed, a value of 1 was assigned; when such interest
is lacking a value of 7 was designated. We used such extreme values because the lack of owners’
interest in forest conservation makes a great difference in terms of success of a conservation program.
This criterion was assessed by the survey taken by owners.

Forest management program (FMP) and/or forest-use rules: Populations that have a FMP approved
by the Ministry of Environment and Natural Resources (Secretaría del Medio Ambiente y Recursos
Naturales, SEMARNAT) or those under internal rules of management are most likely to be preserved.
Data obtained by survey filled out by owners.

Main economic activity: Activities that cause the greatest impact to the forest are agriculture and
livestock [20], followed by silviculture, ecotourism and conservation activities. Information based on
field observations and survey taken by owners.

Distance to human population: Distance (km) between localities where Pseudotsuga grows and
human population centers; the greater the distance, the less the risk of possible looting for wood and
genetic material [19].

2.2.2. Genetic Criteria

The probability of continued existence is related to the gene pool of populations, because genetic
variation helps species to adapt to environmental changes [21,22]. Reduced genetic variability is
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associated with increased vulnerability in the event of a sudden change in the environment. Four
sub-criteria were considered (Table 1).

Estimated age of Douglas-fir trees: The younger the tree, the less the risk. An overmature population
is at increased risk because of reduced vigor and decreased reproductive capacity [8]. Trees showing
incipient reproductive events and vigorous growth were considered as young, and those that presented
evidence of previous reproductive events were considered as mature. These data were obtained by
sampling each population [2].

Distance between Pseudotsuga populations (genetic isolation): The longer the distance between
populations, the greater the extinction risk. Isolated populations have limited gene flow [23] and
genetic isolation may contribute to a reduced genetic variability.

Population density: The lower the density (Number of trees ha−1), the greater the extinction risk.
Decreased genetic exchange could generate low genetic variation and limited reproductive capacity,
because the presence of few trees of the species leads to diminished pollen density. This criterion was
assessed by field sampling.

Number of trees at reproductive age: The lower the number of individuals, the greater the extinction
risk. A small population size increases the direct risk of extinction in the presence of a catastrophic
event [24]. In addition, a small population has little gene flow and is subjected to random genetic drift,
thereby increasing inbreeding, reducing genetic diversity and diminishing good development in the
process of species evolution.

2.2.3. Ecological Criteria

Four sub-criteria linked to P. menziesii environment and organisms co-inhabiting with the species
that could affect its performance and survival were included (Table 1).

Introduction of exotic species: It was considered that populations presenting evidence of non-native
tree species are most at risk. Exotic species can displace native species by competition for resources [22].
Data evaluated through field surveys.

Presence of pests and diseases: Due to the high impact of cone and seed-feeding insects on Douglas-fir
populations in Mexico, evidence that suggests the occurrence of some kind of pest or disease was
graded with a higher level of extinction risk; absence of pests and diseases involves lower risk. Data
are from field observation.

Pseudotsuga menziesii is the dominant species: The greater the dominance, the less the risk.
Dominated species are most likely to disappear due to the strong competition by dominant species.
Pseudotsuga dominance was determined by field sampling [2].

Natural regeneration: The greater the amount of natural regeneration, the less the risk. Thirty or
more seedlings (50 cm in height) per 40 m2 (average from 3 samples sites) were considered adequate
recruitment, whereas less than thirty were considered as scarce. The criterion was assessed by sampling
each population [2].

2.3. Construction of Pairwise Comparison Matrices (PCM)

The criteria (Table 2) and sub-criteria (Tables 3–5) were placed in a double entry matrix
(called pairwise comparison matrix, PCM) employing the same order for both columns and rows.
Subsequently, each pair of criteria and sub-criteria was compared using the 1-to-9 scale defined by
Saaty [13]. The cells in the matrices were assessed by comparing the relative importance of the
criteria (or sub-criteria) in each row against the criteria (or sub-criteria) listed in each column of the
corresponding matrix; due to the principle of reciprocity defined as part of the procedure [13,18], it
is only necessary to compare the upper half (above the diagonal) of the PCM. For example, when
comparing the importance or contribution of sub-criteria distance to human population (DHP) and
distance to roads (DR) for the extinction risk of Pseudotsuga populations, it was considered that DHP
sub-criteria is moderately more important than DR sub-criteria, so a value of 5 was assigned (Table 3,
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row 6 and column 2 intersection); in the reciprocal case, the value is 1/5 (Table 3, row 2 and column 6
intersection). All the comparisons listed in Tables 2–5 were similarly performed.

Table 2. Pairwise comparison matrix and relative weights of the criteria used to estimate the degree of
risk of the populations of Pseudotsuga menziesii in central Mexico †.

Criteria Anthropogenic Genetic Ecological Weight

Anthropogenic 1 3 3 0.60
Genetic 1/3 1 1 0.20

Ecological 1/3 1 1 0.20
† Consistency Ratio (CR) = 0.001; a quantitative measure of consistency associated with the defined pairwise
comparisons of criteria.

Calculating the Criteria and Sub-Criteria Weight and Risk Estimation

Estimation of weights for each criterion and sub-criterion considered in the analysis (Tables 2–5)
was performed using the algorithm implemented in the WEIGHT module of IDRISI; a software for
the analysis and display of spatial data [25]. The weights result from computing a vector of priorities
from each matrix; mathematically, the principal eigenvector is computed and normalized [13,14]. The
algorithm computes a quantitative measure of consistency, a consistency ratio (CR), associated with
the defined pairwise comparisons of criteria and sub-criteria. The CR evaluates the probability that the
values in the PCM are not randomly assigned; its value must be less than 0.10, indicating that pairwise
comparisons were consistent [13]. In this case, all CR values were lower than 0.10 (Tables 2–5).

Table 3. Pairwise comparison matrix and relative weights of anthropogenic sub-criteria used to estimate
the degree of risk of the populations of Pseudotsuga menziesii in central Mexico †.

Anthropogenic Sub-Criteria PR ‡ DR IFC FMP MEA DHP Weight

PR 1 1/3 1/3 1/5 1/9 1/9 0.0301
DR 3 1 1 1/3 1/5 1/5 0.0689
IFC 3 1 1 1/3 1/5 1/5 0.0689

FMP 5 3 3 1 1/3 1/3 0.1532
MEA 9 5 5 3 1 1 0.3394
DHP 9 5 5 3 1 1 0.3394

† Consistency Ratio (CR) = 0.017; ‡ PR: Property regime; DR: Distance to roads; IFC: Interest in forest conservation;
FMP: Forest management program; MEA: Main economic activity; DHP: Distance to human population.

Table 4. Pairwise comparison matrix and relative weights of genetic sub-criteria used to estimate the
degree of risk of the populations of Pseudotsuga menziesii in central México †.

Genetic Sub-Criteria Age ‡ DBP PDen NRT Weight

Age 1 1/3 1/5 1/7 0.0595
DBP 3 1 1/3 1/5 0.1279
PDen 5 3 1 1/3 0.3639
NRT 7 5 3 1 0.4487

† Consistency Ratio (CR) = 0.031; ‡ Age: Estimated age of Douglas-fir trees; DBP: Distance between populations of
Pseudotsuga; PDen: Population density; NRT: Number of trees at reproductive age.
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Table 5. Pairwise comparison matrix and relative weights of ecological sub-criteria to estimate the level
of risk of the Pseudotsuga menziesii populations’ in central Mexico †.

Ecologic Sub-Criteria Exot ‡ P&D PmDS NReg Weight

Exot 1 1/3 1/7 1/7 0.0541
P & D 3 1 1/3 1/3 0.1431
PmDS 7 3 1 1 0.4014
NReg 7 3 1 1 0.4014

† Consistency Ratio (CR) = 0.003; ‡ Exot: Introduction of exotic species; P & D: Presence of pests and diseases; PmDS:
Pseudotsuga menziesii is the dominant species; NReg: Natural regeneration.

To facilitate subsequent arithmetic operations and the interpretation of results by having final
values between 0 and 1, standardized values for each sub-criteria (Table 1) were transformed (re-scaled)
to values from 0 to 1 (0 = No risk, 1 = Maximum risk). The value of extinction risk for each population
was calculated by adding the products of the transformed standardized values of the sub-criteria and
their respective weighting values (linear weighted sum). The estimated risk values were ordered from
lowest to highest and classified into five categories or degrees of risk: very low (values from 0 to 0.24),
low (values of 0.25 to 0.27), medium (values from 0.28 to 0.30), high (values from 0.31 to 0.34) and very
high (values greater than 0.35). The risk categories were defined by the authors based on the range
of risk values calculated for populations (0.15 to 0.45, Table 6) and the need to clearly prioritize the
activities for the conservation of the species. Notice that only one population (Estanzuela) had a risk
value below 0.22 (Table 6), in other words, most of the risk values are between 0.22 and 0.45.

Table 6. Degree of risk of extinction for the Pseudotsuga menziesii populations in central Mexico.

Population Value Risk Level † Population Value Risk Level

Estanzuela 0.15 VLow Barranca Canoita 0.29 Med
Peñas Cargadas 0.22 VLow Cuyamaloya 0.30 Med
Presa Jaramillo 0.23 VLow Zapata 0.30 Med
Plan del Baile 0.24 VLow La Caldera 0.31 High

Cañada El Atajo 0.26 Low El Llanete 0.32 High
Cruz de Ocote 0.26 Low Apizaquito 0.33 High

San José Capulines 0.26 Low La Rosa 0.33 High
Capula 0.27 Low Las Antenas 0.33 High

Cuatexmola 0.27 Low Tlalmotolo 0.34 High
El Salto 0.27 Low Tonalapa 0.36 Vhigh
Villareal 0.27 Low La Garita 0.38 Vhigh
Axopilco 0.28 Med Minatitlán 0.42 Vhigh

Buenavista 0.28 Med Morán 0.44 Vhigh
San Juan 0.28 Med Vicente Guerrero 0.45 Vhigh
Tlaxco 0.28 Med
† VLow: very low risk; Low: low risk; Med: Medium risk; High: high risk; Vhigh: very high risk.

3. Results

Four of the twenty-nine evaluated populations (13.8%) had very low risk of extinction showing
values less than 0.25 (Table 6). These populations, Estanzuela, Peñas Cargadas, Presa Jaramillo and
Plan del Baile, are influenced to a lesser degree by anthropogenic factors, because the average distance
to human population centers is 3.0 km, the average distance to roads is 3.0 km and the main economic
activity for the first three populations is tourism and for the last one is forestry. Moreover, there is
interest in preserving populations because the owners of the stands established rules for forest use.
Pseudotsuga menziesii is the dominant species in these populations, with healthy trees (free of pests and
diseases), ages range from young to mature, and presence of natural regeneration from poor to good.

The average distance to the nearest P. menziesii population is 4.0 km, the average number of trees
at reproductive age is over 500, and the average population density is 23 trees ha−1.
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Seven Pseudotsuga populations had low risk with values varying from 0.26 to 0.27, including
Cañada El Atajo, Cruz de Ocote, San José Capulines, Capula, Cuatexmola, El Salto, and Villareal
(Table 6). These populations are influenced by anthropogenic factors because the average distance to
human population centers is 2.4 km, the average distance to roads is 2.0 km and the main economic
activities are agriculture and silviculture. However, the owners have interest in conserving the
populations, since 50% of them have a Forest Management Program and the rest are managed under
internal rules for forest use. The P. menziesii trees are young, but some populations are infested by
pests and diseases. In these locations, Douglas-fir is the dominant species, but its natural regeneration
is scarce, the average distance to the nearest P. menziesii population is 6.4 km and the average number
of trees at reproductive age is 383, while the population density is 18 trees ha−1.

Seven of the Pseudotsuga populations were at medium risk with values from 0.28 to 0.30, including
Axopilco, Buenavista, San Juan, Tlaxco, Barranca Canoita, Cuyamaloya and Zapata (Table 6). These
populations are negatively influenced by anthropogenic and ecological factors. They are at an average
distance of 4.2 km away from human population centers and 3.3 km away from roads, but the main
economic activity is agriculture. There is interest by owners to conserve the populations, since 50% of
these have a Forest Management Program and the others have at least usage rules of the woodlands.
Exotic species, pests and diseases are absent; P. menziesii trees are mature and dominant, but its natural
regeneration is scarce to nonexistent. The average distance to the nearest P. menziesii population is 5.4
km, the average number of trees at reproductive age is 263 and the population density is 14 trees ha−1,
on average.

Six of the Pseudotsuga populations were at high risk, with values between 0.31 and 0.34, including
La Caldera, El Llanete, Apizaquito, La Rosa, Las Antenas and Tlalmotolo (Table 6). These populations
are strongly and negatively influenced by anthropogenic and genetic factors. They are at an average
distance of 3.0 km away from human population centers and 1.8 km away from roads; also the main
economic activity is agriculture. The populations are on private land; although some of these have a
Forest Management Program and others have rules of use, two of the populations do not have any
regulation. Three of these populations showed evidence of pests and diseases. Although P. menziesii
trees are young and mature, they are not dominant and its natural regeneration is scarce. The average
distance to the nearest P. menziesii population is 12.8 km, the average number of trees at reproductive
age is 299 and the average population density is 11.8 trees ha−1.

The five remaining populations had a very high risk, showing values above 0.35, including
Tonalapa, La Garita, Minatitlán, Morán and Vicente Guerrero (Table 6). These populations are strongly
and negatively influenced by anthropogenic and genetic factors, with an average distance of 1.2 km
away from human population centers and 0.88 km away from roads; in addition, the main economic
activity is agriculture. Four of these populations are privately owned and the other is part of an ejido,
but none of them has a Forest Management Program. Although these stands varied from young to
overmature and they are free from pests and diseases, natural regeneration is lacking and P. menziesii
is not the dominant species. In this group are the smallest populations like Morán, La Garita and
Vicente Guerrero with less than 20 reproductive trees; Minatitlán has 45 individuals, and Tonalapa
shows 166 individuals of reproductive age. The average population density is 4.6 trees per ha, and
the distance to nearest P. menziesii population is greater than 5 km. Furthermore, in these localities
exotic pine species have been introduced through reforestation. A special case is the population of
Morán, which is at very high risk. This relict of only four reproductive trees was originally described
as Pseudotsuga macrolepis by Flous [26]. In addition, the owner is considering cutting down the trees
because they are growing too close to his home and he is not interested in preserving them.

4. Discussion

The AHP, a mathematical process for measurement and decision-making, was used to evaluate
the risk of extinction of fragmented P. menziesii populations in central Mexico. It allowed us to propose
a hierarchy model that incorporates information from anthropogenic, genetic, and ecological factors or
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criteria, and offer a reference for future studies on the extinction risk of forest populations. The model
was built considering elements that according to scientific literature and the authors experience on
forest conservation practices are important to assess the risk of extinction of the species of interest in
central Mexico. Neither the model, nor the criteria included in it are exhaustive or can be applied to
other situations, but they might be used as a starting point to generate similar models for other tree
species present in other latitudes.

AHP facilitated the task of calculating different weight values (importance) for each of the criteria
identified as relevant for the risk assessment carried out, a critical issue in the modeling process. Both
tasks, hierarchy model development and criteria weighting, are not trivial and must be carefully
realized, AHP has widely demonstrated its value to perform such tasks [27,28].

Despite being a mature decision analysis methodology, the AHP is only one of many possible
combinations of methods to standardize, weight, and rank available decision alternatives [18]. Other
approaches to evaluate extinction risk exist, such as the so called population viability analysis [29];
however, it is also fair to mention that owing to its simplicity, ease of use, and theoretical foundation,
the AHP has found wide acceptance among decision-makers [28]. It helps structure the decision
problem in a manner that is simple to follow and analyze. Further, it has proved to be a methodology
capable of producing results that agree with the decision-maker’s expectations; that is the case of the
study here reported.

Extinction of native forest tree species is caused by various processes, including reduction of and
fragmentation of suitable environment, spread of diseases, genetic erosion and inbreeding [6]. The
extinction of species also modifies and alters ecological processes involving it, affecting other species
and causing changes in communities and ecosystems [20]. In the case of the P. menziesii populations
in central Mexico, there is evidence of the effects of fragmentation and isolation by distance (9.4 km
average distance between populations) as well as small size, from 4 to 1450 adult trees and 307 trees
on average.

It is estimated that coniferous species require a population size of at least 180 reproductive
trees to reduce the negative effects caused by low pollen levels and inbreeding, and to maintain
seed production at sufficient levels [30]. In several of the stands included in the current study low
natural regeneration of P. menziesii was observed [8]. In addition, seeds showed low germination and
primary dormancy [7,31]. Moreover, a reduced level of genetic diversity with a high proportion of
self-fertilization was found [10,32].

Habitat fragmentation in most of these populations is due to anthropogenic factors, but there
is evidence that other factors such as environment and genetics play important roles in increasing
the risks of extinction. The analysis conducted shows the relative effect of each of these factors over
the current risks for each population, which is an important step to outline strategies for species
conservation in the region. Risk factors for Pseudotsuga menziesii in the study area have their primary
origin in the enormous social pressure that persists over populations as a result of historical changes in
land use to fulfill human needs in the region, thereby increasing the fragmentation process of habitat.

One way to increase the genetic variability to counteract the effects of inbreeding over reproductive
capacity [33,34] is through the promotion of gene flow between neighboring populations growing in
similar environments (assisted gene flow as defined by Aitken and Whitlock [35]), which in turn could
reduce adaptation problems (outbreeding depression). Populations from similar environments can
also exchange genes through assisted migration by creating plantations that use more likely adaptable
trees [32]; an action like this one is certainly possible to be carried out in central Mexico, which would
increase genetic diversity by transferring new alleles or increasing the frequency of rare alleles in
the recipient populations [23,33], and would provide long-term genetic stability to each population
and a greater ability for adaptation to climate change or other risk factors. Performing movement
of genetic material between related populations would counteract the effects of geographic isolation
and fragmentation.
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Conservation of remnant populations of Pseudotsuga menziesii in the central region of Mexico
should be carried out in the natural environment where the species develops (in situ), because this
would preserve the natural evolution processes of the species and its interactions with other organisms
and ecological processes [22]. Such a conservation strategy is feasible in central Mexico due to the
growing interest in managing the populations of the species as a genetic reserve—due to its current
legal protection status. In this sense, the Mexican National Forestry Commission (CONAFOR), a federal
agency, is currently promoting local and regional programs in order to enhance forest conservation to
preserve the country’s genetic resources.

The five populations with very high extinction risk and the six populations at high risk should
have priority for conservation, due to the real possibility of losing their gene pool in case of extreme
events. The populations at medium and low risk would also require protective actions such as grazing
prevention, pest control and other actions to reduce current risks. Ex situ conservation should be
considered as an alternative or complementary resource for populations at high and very high risk.

Other tree species present in central Mexico that are potentially relevant in this context and require
studies of extinction risks include: Pinus chiapensis, Fagus sylvatica, and Taxus globosa, all of which have
spatial distribution patterns and life history similar to that shown by Pseudotsuga menziesii.

5. Conclusions

The AHP-based analysis made it possible to show that 11 of the 29 studied populations were at
high risk of extinction, seven were at medium risk and the remaining were at low risk; this suggest
different strategies for conservation and protection of Pseudotsuga menziesii in the region. Tonalapa, La
Garita and Minatitlán populations from the state of Puebla, as well as Morán and Vicente Guerrero
from the state of Hidalgo, are at a very high risk of extinction because they are heavily impacted by
anthropogenic and genetic factors. These populations are relatively small (less than 200 trees), they are
very close to population centers (less than 1.5 km away) and to access roads (less than 1.0 km away)
and these populations are located in areas where agriculture is the main economic activity. By contrast,
the populations of Estanzuela, Presa Jaramillo, Peñas Cargadas and Plan del Baile are better preserved
and they have a very low risk of extinction due to the lower human impacts because populations are
at greater distance from human population centers and roads (more than 3.0 km away), in areas where
ecotourism is the main economic activity, and some of them are within an ecological reserve.
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Abstract: The Amazonian rainforest is a unique ecosystem that comprises habitat for thousands
of animal species. Over the last decades, the ever-increasing human population has caused forest
conversion to agricultural land with concomitant high biodiversity losses, mainly near a number of
fast-growing cities in the Peruvian Amazon. In this research, we evaluated insect species richness
and diversity in five ecosystems: natural forests, multistrata agroforests, cocoa agroforests, annual
cropping monoculture and degraded grasslands. We determined the relationship between land
use intensity and insect diversity changes. Collected insects were taxonomically determined
to morphospecies and data evaluated using standardized biodiversity indices. The highest
species richness and abundance were found in natural forests, followed by agroforestry systems.
Conversely, monocultures and degraded grasslands were found to be biodiversity-poor ecosystems.
Diversity indices were relatively high for all ecosystems assessed with decreasing values along the
disturbance gradient. An increase in land use disturbance causes not only insect diversity decreases
but also complete changes in species composition. As agroforests, especially those with cocoa,
currently cover many hectares of tropical land and show a species composition similar to natural
forest sites, we can consider them as biodiversity reservoirs for some of the rainforest insect species.

Keywords: cocoa agroforests; deforestation; diversity losses; habitat conversion; insect diversity;
multistrata agroforests; natural forests; species richness

1. Introduction

The Amazon rainforest is considered a biodiversity hotspot [1]. Despite all efforts to conserve
and protect this critically important and highly endangered ecosystem, the rainforests still continue
to steadily disappear. Over the past 50 years, an estimated 32% of the Amazon rainforest has been
converted to man-made systems and a further loss of 10%–15% has been projected by 2050 [2].
Conversion of natural ecosystems is a major cause of biodiversity loss and threatens ecosystem
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functions and livelihoods of indigenous people [3]. Diversified agricultural systems, such as
agroforestry systems, are possibly able to conserve rainforest diversity.

During the last three decades, the Peruvian Amazon ecosystem has been profoundly modified.
The extraction of natural resources drives much of the economy. Timber logging, petroleum and
natural gas drilling, as well as intense fishing, are amongst the prevailing activities. Forests are the
most visibly affected [4]. In Peru, there was an average deforestation rate of about 64,500 ha annually
in the period 1999–2005 [5]. Other sources [5–8] further detail deforestation problems in the central
part of the Peruvian Amazon, in the area surrounding the city of Pucallpa, where massive deforestation
and change of land cover have been observed. Slash-and-burn farming is often blamed as the main
cause. Slash-and-burn is a predominant agricultural system in tropical forests in general [9], and the
Ucayali region, around Pucallpa city, in particular.

Land use here is quite heterogeneous, with some settlers developing small-scale cattle ranches,
while others practice slash-and-burn agriculture (shifting cultivation) with substantial portions of
land left fallow [10]. Small-scale farmers often burn down a large part of the forest, simply because
they cannot manage the fire. According to Kleinman [11], slash-and-burn farmers transform nutrients
stored in forests to soils by slashing, felling, and burning forests. Slash-and-burn is applied mostly in
areas where loggers have previously removed the valuable timber trees, whereby the natural forest
is then converted into residual or secondary forest. The remaining vegetation is further cut down,
burnt and replaced by annual crops, such as rice (Oryza sativa), cassava (Manihot esculenta), plantain
(Musa sp.) and/or maize (Zea mays), which are frequently planted for both subsistence and local
markets. Farmers also have to combat noxious weeds, which often quickly infest degraded lands and
pastures. The most problematic weeds are grasses, such as Imperata brasiliensis that often develop into
green deserts that are periodically burnt down, further spiraling the degradation of the land.

A sustainable and suitable solution that slows down and even halts land degradation is
agroforestry, which combines cultivation of trees and crops together. Individual components of this
system have different ecological and economic functions. According to De Jong [12], there are various
agroforestry systems being practiced in the Peruvian Amazon, near the Ucayali River. Mostly systems
combining fruit trees with fast-growing trees earmarked for timber production are found.
Guaba (Inga sp.) is used by many small-scale farmers as a pilot tree for new agroforestry
plots, providing shade and improving the soil condition. It forms a good base for more
economically-important species for wood and fruit production. In lowland terrain along the
Ucayali River, use of Inga, fast-growing timber species bolaina (Guazuma crinita) and capirona
(Calycophyllum spruceanum), in combination with plantains (Musa sp.), carambola (Averrhoa carambola)
and various palm species is very common. Plant species composition depends on locality, economic
factors and market opportunities for the farmer. In areas with higher rainfall and more fertile soil in
the Ucayali region, the planting of cocoa (Theobroma cacao), combined with various fruit and timber
trees to provide shade, is gaining popularity.

According to Puri and Panwar [13], agroforestry fields sited close to existing natural forests
may benefit from increased biodiversity: for example, animals, birds and insects will be able to
invade, and provide important ecosystems services such as pollination, pest control, seed dispersal,
etc. If there is no such original primary or secondary forest vegetation in close proximity to
an agroforestry plot, then the chance of being invaded by a wild species from outside decreases
and takes a long time. Degraded lands and pastures in the Pucallpa zone are expanding, and thus
the distances between new agroforestry plots and original vegetation are increasing. When the
vegetation has already been destroyed or seriously damaged—for example, by unsustainable practices
of overgrazing—agroforestry practices may help to restore some biodiversity, either by sheltering relics
of the original flora and fauna and allowing them to proliferate, or by creating a new ecosystem, albeit
with a different mix of species from that one which originally occupied the site. The most common
colonizing species in agroforestry are birds, small vertebrates and invertebrates.
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Invertebrates—mainly insects—are ideal indicators for biodiversity, because they are very closely
related to the environment, vegetation cover, overall climate, and are sensitive to habitat disturbances.
A fast reproductive cycle and a large number of ecological interactions, as well as easy and inexpensive
collection, make them the best bio-indicators [14].

As Godfray et al. [15] state, understanding insect diversity in the humid tropics is one of the
major challenges in modern ecology. Some information sources estimate that tropical forest in the
Amazon basin forms a habitat for more than 30% of insect species globally; however, insects also
play a significant role in agro-ecosystems found in the Amazon that have not yet been thoroughly
studied. Crops grown in conventional monoculture systems often suffer from severe pest problems.
This is usually attributed to the nature of the cropping system. Monoculture reduces a complex
natural plant system to a single-species community. This can lead to decreased insect diversity and
can promote rapid population growth of a single, or very few, insect species [16]. Agroforestry induces
a different proportion of various insect species, even herbivorous ones, and this is supposed to lower
the occurrence of pest species. Andow [17] conducted studies on 287 species of herbivorous insects.
He reports a lower density of herbivore pests in polycultural systems than in monocultural cropping
in approximately 52% of the species studied. Only 15% had higher densities. In monocultures in
the Peruvian Amazon, there are mainly beetles (most commonly Chrysomelids), Hymenopterans
represented by the family Vespidae, Homopterans, and others. Species diversity is normally low, but
with a great number of individuals for each species. In agroforestry systems, another view on insect
diversity, equilibrium and conservation could be offered.

The general objective of our study was to quantify the impact of landuse changes, with respect
to diminishing biodiversity, along a disturbance gradient from a tropical forest to a degraded site.
Specifically, we set out to evaluate the impact of agroforestry and agricultural practices on insect
species composition and diversity in one of the most deforested regions of the Peruvian Amazon.
We expected a decrease in insect diversity along the disturbance gradient.

2. Experimental Section

2.1. Study Sites

Several villages in close proximity to Pucallpa city, on the main road to Lima, were chosen as areas,
with suitable study sites. The environs of Antonio Raimondi, Pimental and San Alejandro villages
(Figure 1) were chosen, and we sampled following landuse systems: multistrata agroforests, cocoa
agroforests, cassava monocultures and weedy grasslands on degraded soils (Table 1). As a sample
of tropical forest vegetation, we chose the site of Macuya, a natural primary forest of the National
University of Ucayali, located close to the Alexander von Humboldt village. The forest was selectively
logged more than 20 years ago, displaying the last remnants of human activity. For the purpose of this
study, we classified it as a partly logged, yet well-preserved natural forest.

Figure 1. Location of selected study sites near Pucallpa city in the Peruvian Amazon.
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San Alejandro is a small town, 118 km from Pucallpa (and situated along the Carretera Federico
Basadre). The rural residents are dedicated to agriculture (annual crops, livestock, forestry and others).
In the last decade, there has been an expansion of cocoa cultivation. For data collection, the village
of Porvenir, 2 km from San Alejandro, was chosen. Terrain is diverse, dominated by steep hills with
a mosaic of secondary forest vegetation and farm fields. The majority of cropping plots could be
classified as agroforestry systems. Sampling was undertaken within two agroforestry plots with
shaded cocoa trees.

Pimental is a rural village settlement 35 km from Pucallpa, and 6 km off the main road.
Land use systems are based on shifting annual crop cultivation, pepper (Piper nigrum) plantations and
various fruit tree agroforests. Data were collected within plots with multistrata agroforestry, cassava
monoculture and degraded sites with weed vegetation.

Antonio Raymondi village is located 19 km from Pucallpa and 7 km from the main road to
Lima, inhabited mainly by small-scale slash-and-burn farmers who cut and burned down large forest
areas around the village; they continue to do so to establish new plots for cassava and other staple
crops. Some of them apply a multistrata agroforestry system. The village surroundings are degraded
lands, covered by the weed species (mainly Imperata brasiliensis). Data collection was carried out
in two agroforestry plots, cassava monoculture and degraded, weed-infested land. Some of those
grasslands had been burned up to three times a year.

2.2. Data Collection

Insects were collected from March to August 2009, and February to November 2010, covering
both wet and dry seasons. Sampling was conducted on 12 plots (25 ˆ 25 m), always between 6:30 a.m.
and 10:30 a.m., using common entomologic methods. We established four sampling plots in each
village. Because of the large distance between villages, each plot was sampled six times, with monthly
repetition. Samples in the Macuya forest were taken only four times per sampling period because
of logistic problems. On each plot, one Malaise trap, and nine pitfall traps in 5 ˆ 5 m2 grids were
installed; samples were collected after 24 h. As a fix solution for trapped insects, we used a solution of
water, salt and soap-like detergent. We also used a sweeping net with a diameter of 40 cm in zigzag
transects with a total length of 80 m (one transect per plot).

Each sample was first purified (small soil and plant remnants were taken out), separated into
small plastic Ependorf’s test tubes or larger laboratory fix-boxes marked by the locality label, and fixed
in 70% ethanol.

Samples were sorted into basic taxonomic orders, and determined into specific morphospecies
(i.e., distinguished by its morphology from other species). Then the number of species and their
relative abundance (number of individuals) were calculated. For biodiversity evaluation, orders
of Coleoptera, Hymenoptera, Orthoptera, Homoptera and Dictyoptera (suborder Blattodea) were chosen.
Other orders, such as Diptera, etc., were excluded: numerous samples were poorly identifiable under
our conditions. These are stored in the depository of the Czech University of Life Sciences, Prague,
and are being prepared for further investigation. All the samples were classified with the assistance of
professional entomologists.

2.3. Data Evaluation

The goal was to evaluate insect community composition in each ecosystem. Firstly, we
documented the insect species composition and their relative abundance in each habitat (landuse
system). To account for differences in sample areas, the rarefaction method of Gotelli and Colwell [18]
allowed us to construct the species accumulation curves for each habitat based on the number of
sampled plots. To show how common or rare a species is in relation to other species in a given
location or community, we constructed relative abundance model curves for each locality as a function
of abundance and number of species per assessed ecosystem. The Jackknife formula was used to
estimate species richness [19] and species heterogeneity was estimated using Shannon-Weiner (H base
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e logs) and Simpson (1-D) diversity indices [19–21] at the level of each sample plot and habitat.
For similarity description, Sorensen’s index [22] was used. The formula comprises shared species
between two habitats and allows us to address the question of how similar the two assemblages are.

To assess statistical differences among the above-mentioned indices and variables of the five land
use systems, both parametrical One-way analysis of variance (ANOVA using Tukey’s SD test with
Bonferroni correction) and non-parametrical Kruskal-Wallis (KW-ANOVA with Bonferroni correction)
test were performed for the whole dataset using STATISTICA 9.0 software (StatSoft), as the data show
moderate violation of assumptions (normality and heteroscedasticity). However, both approaches give
the same results: there are statistically significant differences at least in between some of the groups
(habitats). As parametric ANOVA is relatively robust against disruption of its usage assumptions, for
post-hoc test (multiple comparisons) the Bonferroni test was chosen.

3. Results

3.1. Species Abundance and Composition

We collected insects from a total of 488 traps, from which we selected five orders of
insects—Coleoptera, Hymenoptera, Orthoptera, Homoptera and Dictyoptera (suborder Blattodea).
Altogether, 64 insect families, represented by 1164 morphospecies, were determined to the species
level. In total, we analyzed 3119 individuals. Highest abundance was found in the natural forest,
with its 1348 individuals in 758 morphospecies, followed by multistrata agroforests, represented by
992 individuals in 540 morphospecies. Results show a numerical similarity in abundance of cocoa
agroforests to monocultures and weed vegetation; however, these localities vary in species composition
(Figure 2).

Figure 2. Order-based relative insect composition of five habitats assessed in the Peruvian Amazon
(MSF, natural forests; AFS, multistrata agroforests; CF, cocoa agroforests; MC, annual monoculture
crops; W, weedy grassland).

Abundance models for each habitat indicate (Supplementary Materials S1) that in natural forest
and agroforest habitats, a large number of species are represented by one or two individuals and
only a few species are represented by a high number of individuals: this is an indicator of a high
species diversity. This pattern occurs in natural non-disturbed ecosystems, or in ecosystems with only
low disturbance. On the contrary, a low number of species and their higher abundance (low number
of species with only several individuals), reflecting low diversity, can be observed in monoculture
habitats and degraded lands infested by weedy grass.

In natural forests, the taxon with the highest number of individuals (relative abundance) was the
ants (14% of species samples). The species with the most individuals trapped, was the stingless
bee Trigona pallida with 41 individuals, and one morphospecies of Chrysomelidae beetles with
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40 individuals (family Chrysomelidae forms 9% of samples of Macuya forest). In multistrata agroforests,
the most abundant morphospecies were all of the Polistinae family (47 individuals), followed by
a morphospecies of Cicadelinae (41) and Oxybellus sp., family Crabronidae (38 individuals). Overall, the
dominant family was Vespidae, with a total number of 147 individuals. Cocoa agroforests were
dominated by one morphospecies of the Dolichoderinae subfamily (Formicidae) with 59 individuals
(20% of cocoa agroforest samples). The rest of the species in those localities were represented by
an average of two individuals per morphospecies (Figure 3). In annual cropping, the most abundant
was a morphospecies of digger wasp Liris (Crabronidae), with 30 individuals. Other species are
represented by an average of three individuals. Degraded lands infested by weeds are dominated by
a morphospecies of genus Liris (15 individuals) and a species of Agalinae subfamily (12 individuals).
Annual crops and grasslands are characterized by low species richness and abundance (Figure 3).
The most abundant species of all the study sites was Camponatus sp., an ant present in low numbers in
all assessed forest and agroforest ecosystems, yet completely absent in annual cropping and degraded
lands. The latter sites are dominated by a morphospecies of digger wasp Liris.

Figure 3. Insect species richness accumulation curves based on number of samples (PF, natural
forests; AFS, multistrata agroforests; CF, cocoa agroforests; MC, annual monoculture crops;
W, weedy grassland).
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3.2. Species Richness and Diversity

To standardize different sample sizes from each of the five habitats, we compared them according
to their species accumulation curves (Figure 3). The curve for natural forests based on the number of
samples is far from asymptotic, indicating that the area sampled was too small to estimate the total
number of species in this land use type. However, with an increased sampling size, insect species
richness is likely to be significantly higher in natural forest compared to that of other habitats. It is
followed by both agroforestry systems (higher in multistrata agroforests than in cocoa agroforests) and
species richness is low but comparable between annual cropping, and weedy grasslands.

To compare relative species richness and diversity among the five habitats (landuse systems),
we evaluated the samples in two ways: (i) in total per habitat; and (ii) statistical differences of means
per sample and plot (Table 2). In total, all the indices decrease along the human disturbance gradient
from undisturbed natural forest to severally disturbed degraded sites covered with weed vegetation
(Table 2—total). A comparison of agricultural land use systems indicated, the species richness in cocoa
agroforests was more than two times lower than in multistrata agroforests. In annual crop monoculture
the species richness was up to six times lower than in multistrata agroforestry and two times lower
than in cocoa agroforests.

Statistical evaluation of means per sample and plot indicated significant differences among
habitats (Table 2—Means per sample). The results corresponded with the graphic interpretation of
data (boxplots and detailed statistical evaluation are presented in Supplementary Materials S2). Both
observed species richness and Jackknife estimate of species richness, were highest in natural forest
and the values significantly decreased with increasing intensity of land use and/or conversion from
multistrata agroforestry towards degraded lands. However, we did not found significant differences
among cocoa agroforests, annual cropping and degraded sites with weed vegetation. For species
diversity evaluation, the Shannon-Weiner and Simpson’s diversity indices were compared. These
results also confirm significant decrease in diversity along the disturbance gradient (from natural
forests till degraded sites). Shannon-Weiner diversity index reached highest values in natural forests
followed by both agroforestry systems (with no significant differences between them) and lowest
values (not significantly different) were found in annual cropping and weedy grasslands. Using
Simpson’s diversity index was highest in natural forests but not significantly different of multistrata
agroforests, followed by cocoa agroforests, annual cropping and weedy grasslands (with significant
differences among them). The differences between both indices could be explain by the fact that
Simpson’s index is more weighted towards dominant species compared to Shannon index and those
species are more common in disturbed habitats.
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Table 2. Insect diversity indices of five habitats in the Peruvian Amazon (sp., species; ind., individuals;
sam., sample; Singletons, species with only one individual in samples; Unique sp., species that occur in
only one sample, SD, standard deviation). Letters a–d following biodiversity indices values indicate
groups significantly differing one from another using Bonferroni post-hoc tests (α = 0.05). For detailed
statistical results and post-hoc p-values, see Supplementary Material S1.

Diversity Indices
Natural
Forests

Multistrata
Agroforests

Cocoa
Agroforests

Annual Crops
Weedy

Grasslands
ANOVA
p-value

Totals
Abundance
No of ind. 1348 992 297 277 207

Observed sp. richness
No. of sp. 758 540 189 97 64

Jackknife sp. richness 853 594 203 105 70
Singletons 157 119 70 24 2
Unique sp. 126 57 18 11 8

Shannon-Weiner
diversity index

5.21 4.94 4.09 4.07 3.68

Simpson’s diversity
index (1-D)

0.991 0.987 0.950 0.973 0.969

Means per sample ˘ SD
No. of samples 8 31 32 32 32

Observed sp. richness
No. of sp./sam. 109 ˘ 21.0 a 18.8 ˘ 3.16 b 6.72 ˘ 1.22 c 4.13 ˘ 0.71 c 3.06 ˘ 0.76 c <0.001

Jackknife sp. richness 148 ˘ 28.4 a 24.4 ˘ 4.10 b 8.38 ˘ 1.62 c 4.72 ˘ 1.11 c,d 3.34 ˘ 0.90 d <0.001
Sp. density

sp./m2 0.121 0.086 0.030 0.016 0.010

Shannon-Weiner
diversity index

0.648 ˘ 0.155 a 0.181 ˘ 0.033 b 0.166 ˘ 0.04 b,c 0.141 ˘ 0.027 c 0.139 ˘ 0.029 c <0.001

Simpson’s diversity
index (1-D)

0.909 ˘ 0.031 a 0.883 ˘ 0.018 a 0.808 ˘ 0.066 b 0.606 ˘ 0.081 c 0.554 ˘ 0.082 d <0.001

3.3. Similarity among the Habitats

According to Sørensen’s index (Table 3), the multistrata agroforestry is highly similar to natural
forest (52%), whereby both types share 158 species. Cocoa agroforest shared 34% of species with natural
forest and 37% with multistrata agroforests. Monoculture and weedy grasslands shared 30 species and
were highly similar (44%). We found only three species shared by all habitats.

Table 3. Similarity between habitats expressed as Sørensen index (in %) and number of shared
morphospecies (no. of species) in the Peruvian Amazon. (PF: natural forests; AFS: multistrata
agroforests; CF: cocoa agroforests; MC: annual monoculture crops; W: weedy grasslands).

PF AFS CF MC W

PF 158 77 51 31
AFS 52% 71 49 26
CF 34% 37% 28 18
MC 24% 28% 27% 30
W 15% 17% 21% 44%

The similarity relationship is visible on the radar chart graph (spider net—Figure 4), where the
majority of ecosystems have their maximum values on the right hand side of the graph (Figure 4),
whereas curves of monocultures and weedy grasslands clustered in the left hand side. A “diagonal”
difference in species composition can be observed.
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Figure 4. A radar chart (spider net) graph of habitat similarities based on Sørensen index. (PF:
natural forests; AFS: multistrata agroforests; CF: cocoa agroforests; MC: annual monoculture cropping;
W: weedy grasslands).

4. Discussion

According to our results, the values of species richness and diversity decreased consistently along
the disturbance gradient from natural forest towards agroforestry, monoculture crops and degraded
lands. This can be explained by the structure of the vegetation cover that is most complex in natural
forest. Multistrata agroforests, as the name implies, are characterized by a high diversity of trees,
shrubs and annual plants in the undergrowth. They form more complex and suitable environment
for various insect species than cocoa agroforests or mono-cropping fields. Cocoa agroforests are
mainly cocoa trees shaded by fast-growing timber trees with almost no undergrowth herbaceous
plants in them.

Our results are different from those obtained by Bos et al. [23], who observed that, compared
to other forms of agricultural land use such as annual mono-crops and oil palm plantations,
the insect species richness of cocoa agroforests was high and comparable with that of natural
forests. Other authors also found cocoa agroforests to be very rich and good biodiversity reservoirs.
For example, Rice and Greenberg [24] noted that cocoa plantations can resemble forests in terms of tree
cover. Low insect species diversity in this type of vegetation in our study could be caused by specific
microclimatic conditions within cocoa plantations, where the undergrowth was nearly missing and
herbaceous plant composition was very simple. According to our results, cocoa agroforests are not as
high in insect species richness and diversity as multistrata agroforests; however, as cocoa agroforestry
systems cover eight million hectares of land worldwide, they have received increased attention for
their potential to harbor some of the natural forest biodiversity [25]. According to Bos et al. [23],
several management practices have an impact on insect richness directly by affecting resources, or
indirectly, through creating microclimatic changes and changes in species assemblages. Although there
were various factors potentially influencing our results such as proximity of natural water sources in
assessed localities and distance from natural forests, we can clearly see that the land use intensity, and
ecosystem modification, which is highest in the annual cropping monoculture, highly affects the insect
biodiversity and causes visible biodiversity losses and changes in species composition.

Our results on habitat similarity and species composition show a high similarity between
agroforestry systems (multistrata and cocoa agroforests) and natural forest. This is supported
by Bhagwat [26] who confirmed that heterogeneous agroforestry systems, in which tall trees are
maintained and planted for shade (agroforestry systems), form a good refuge for tropical biodiversity.
Our results are also consistent with those from other studies [23,27], where the authors claim that,
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although cocoa agroforests can easily be as rich in insect species as nearby natural forest sites, species
assemblages have been found to differ between natural forests and cocoa agroforests, and between
differently shaded cocoa agroforests [23].

According to various authors [23,27,28], ants are a rich and ecologically important group of
insects that are directly affected by changes in management, for example, by altered resource and
nest site availability, but also indirectly, through a complex interplay between microclimate and
subsequent changes in species composition. Delabie et al. [27] found that a Brazilian cocoa agroforest
with a species-poor stand of shade trees harbored a high proportion of forest ants, as compared to
other tropical agroecosystems and urban habitats. Similarly, Bos et al. [23] found that about half the
ant species in Indonesian cocoa agroforests also occurred in nearby forest sites, but species richness
decreased with decreasing shade cover [23].

5. Conclusions

Our study presents a detailed analysis of insect biodiversity in several landuse systems in the
Ucayali region, Peruvian Amazon. For insect biodiversity, we assessed the natural forest as the most
species-rich and diverse, followed by various agroforestry systems. Our results suggest that insect
biodiversity may well relate to vegetation structure and complexity. The habitats with least structure,
such as annual monocropping and degraded grasslands, showed poor species richness and diversity.

We also found that agroforestry systems possess species composition more similar to natural
forest, compared to annual cropping or degraded grasslands. Although species diversity in the latter
systems was still relatively high, species composition differed significantly from that in natural forests.
These altered and disturbed habitats contained more phytophagous species and a low proportion
of predatory species. Higher intensity of land use causes not only a biodiversity decrease, but also
a complete change of species composition. As cocoa agroforests nowadays cover large areas of tropical
land, there is general recognition that they are biodiversity reservoirs for rainforest species.

Natural forests, as well as all natural vegetation types in the tropics, are worthy of protecting
because of their high species richness and ecological potential. The governments and citizens of all
tropical countries (not only in Amazon) are responsible for developing agricultural practices that
prevent complete ecosystem conversion and loss of the unique biodiversity. We believe that various
agroforestry systems, such as multistrata and cocoa agroforests, are able to conserve some of the
original biodiversity of original forests, and can form a suitable reservoir for some insect species that
occur in primary tropical forests.
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Abstract: Extreme climatic events, including droughts and heatwaves, can trigger outbreaks of
woodboring beetles by compromising host defenses and creating habitat conducive for beetle
development. As the frequency, intensity, and duration of droughts are likely to increase in the
future, beetle outbreaks are expected to become more common. The combination of drought and
beetle outbreaks has the potential to alter ecosystem structure, composition, and function. Our
aim was to investigate a potential outbreak of the native Eucalyptus longhorned borer, Phoracantha
semipunctata (P. semipunctata), following one of the most severe droughts on record in the Northern
Jarrah Forest of Southwestern Australia. Beetle damage and tissue moisture were examined in trees
ranging from healthy to recently killed. Additionally, beetle population levels were examined in
adjacent forest areas exhibiting severe and minimal canopy dieback. Severely drought-affected forest
was associated with an unprecedented outbreak of P. semipunctata, with densities 80 times higher than
those observed in surrounding healthier forest. Trees recently killed by drought had significantly
lower tissue moisture and higher feeding damage and infestation levels than those trees considered
healthy or in the process of dying. These results confirm the outbreak potential of P. semipunctata
in its native Mediterranean-climate Eucalyptus forest under severe water stress, and indicate that
continued drying will increase the likelihood of outbreaks.

Keywords: woodborer; damage; die-off; die-back; forest mortality; heat wave; Cerambycidae;
populations; climate change; Jarrah

1. Introduction

Woodboring beetles are among the most widespread insect pests of trees, and can be especially
responsive to drought stress in their hosts [1–3]. With droughts expected to increase with climate
change in many regions [4], outbreaks of some woodboring beetles are expected to become more
frequent and intense [5]. For example, forests in Mediterranean regions are already experiencing
significant shifts in precipitation and temperatures, increasing tree water stress [6–8]. Associated
with these climate changes, forests are being challenged from abiotic factors (e.g. high temperatures
and drought) and by biotic factors such as damaging outbreaks of woodboring beetles in semiarid,
temperate, and boreal climate regions [9–12]. While bark beetles (Coleoptera: Curculionidae) are
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well-known forest pests of drought-stressed hosts, other woodboring beetles (e.g., Cerambycidae and
Buprestidae) can also cause widespread damage under drought conditions [13]. For example, in the
Ozark mountains (a temperate climate region) of the Southeastern United States, outbreaks of the
red oak borer (Enaphalodes rufulus Haldeman (E. rufulus) (Coleoptera: Cerambycidae)), coinciding with
drought and loss of tree vigor, led to large-scale mortality of several Quercus species in the early
2000s [13].

Phoracantha semipunctata (P. semipunctata) (Coleoptera: Cerambycidae) has become a major pest of
Eucalyptus species throughout the world where they have been introduced [14,15]. Worldwide, it is
among the most economically damaging Phoracantha species [15]. For example, in California, it causes
extensive tree losses, attacking a wide range of Eucalyptus species in plantations [16,17]. Drought
stress is a predisposing factor for P. semipunctata attack and tree mortality [15]. Despite the amount of
literature on this species outside of Australia, in its native forest ecosystems in drought prone Australia,
where the insect has a wide distribution [18], its behavior and response to drought stress in its hosts
has received limited attention. In fact, evidence of P. semipunctata causing widespread damage to its
native ecosystems is rare [19,20].

The Mediterranean climate region of Southwestern Australia has experienced a climatic shift
since the 1970s, with a step-wise reduction in rainfall and steady increase in average temperature [5].
Coinciding with this drying trend, a series of canopy dieback events have occurred in multiple
ecosystems over the past two decades [21,22], with some associated with outbreaks of endemic
woodboring beetles [23]. The largest, in terms of spatial extent, and most damaging event, occurred
during the Australian summer 2010/2011 in the largest forest type in the region (the Northern
Jarrah Forest) [24]. While dieback and tree mortality were largely suspected to be driven by the
combination of drought and heat, woodboring beetle activity was also evident in many dying and
recently-killed trees [24]. Collection of adults from infested stems showed that the native P. semipunctata
was the primary beetle present in the two overstory dominant tree species in the Northern Jarrah
Forest, Eucalyptus marginata Donn ex Smith (E. marginata) and Corymbia calophylla L.A.S Johnson (C.
calophylla) (Matusick, pers. observations). Although the behavior of P. semipunctata is well known
where it has been introduced outside of Australia [15,16,25], little research has been conducted on its
population biology and host damage in native ecosystems. Furthermore, given the close association of
P. semipunctata with tree water stress, and the magnitude of climate changes projected for the Australian
continent, research on this species is particularly important.

Following the cessation of drought in 2011, we conducted a study to determine the host damage
and infestation response of P. semipunctata in relation to drought stress in the Northern Jarrah Forest
of Southwestern Australia. Two surveys were conducted (2011 and 2012) to determine (1) the
association between tree crown health and damage by P. semipunctata (2011), and (2) the infestation of
P. semipunctata in severely and minimally drought-affected forest areas and among trees of varying
health conditions (2012). Results will determine the strength of the association between P. semipunctata
and severe host drought stress, and provide a basis to estimate its outbreak potential with continued
drying in the region.

2. Experimental Section

2.1. Study Area

The Northern Jarrah Forest ranges from tall open sclerophyll forest in the west to open woodland
in the east due to a strong west-east precipitation (ranging from 1300 mm to 800 mm) and evaporation
gradient (ranging from 575 mm to 700 mm) [26]. The uplands are dominated by E. marginata and
C. calophylla, which commonly occur as overstory codominants. Common midstory species include
Allocasuarina fraseriana (Miq.) L.A.S.Johnson, Banksia grandis Wild, Persoonia longifolia R.Br, and Persoonia
elliptica R.Br [27]. Soils throughout the study area are lateritic, predominantly ironstone gravels with
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sandy matrixes of low moisture holding capacity, and include many areas of shallow soils over
granite [28].

2.2. Study Site and Plot Selection

Twenty sites were selected for field sampling from a population of 235 severely drought-affected
sites determined by an aerial survey in May 2011 (Figure 1). For detailed methods of the aerial survey
see Matusick et al. [24]. Briefly, the severely-affected sites (>70% complete crown discoloration) were
located from the aerial survey and accurately delineated using a differential GPS (Pathfinder Pro XRS
receiver, Trimble Navigation Ltd., Sunnyvale, CA, USA) (±0.4 m) on the ground.

In June 2011, shortly following the cessation of drought, a survey was conducted to estimate beetle
damage to trees. Plots were selected by choosing 3 points randomly on a 20 m × 20 m grid (using fGIS
forestry cruise software (Wisconsin DNR-Division of Forestry, Madison, United States) from within
the severely-affected forest in each of the 20 sites selected and represented the center point of a 0.011
ha fixed radius forest plot. Severely-affected areas were associated with shallow soils surrounding
rock outcrops and on soil types with lower water holding capacity than minimally-affected areas [29].
Additionally, 3 plots were located outside the severely-affected area in forest minimally-affected (<20%
crown discoloration). These plots were located 20 m outside the perimeter of the severely-affected
area. A differential GPS was used to locate plots within each area.

Figure 1. Study site location was the Northern Jarrah Forest of Southwestern Australia. Study sites
(black dots) were located in the remaining intact, native vegetation of the forest (dark grey color).
Within each study site (inset), three and ten plot locations were randomly selected for severely- (white
dots) and minimally-affected (black triangles) forest area for Survey 1 and Survey 2, respectively. The
discrete nature of the damage allowed for sampling both severely and minimally drought-affected
forest in close proximity. A 10 m forest area buffered severely from minimally-affected areas.

For the second survey in May 2012, a subset of 11 sites was revisited to estimate beetle infestation
levels. The life cycle of P. semipunctata is known to last up to 9 months [30], so by returning to the
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sites after this time it ensured nearly all P. semipunctata had emerged from infested trees. For this
survey, the minimally-affected forest areas were defined as a band of forest 30 m wide surrounding the
severely-affected area, buffered by 10 m from the severely-affected area (Figure 1). The distinct and
sharp contrast between severely and minimally drought-affected areas allowed for sampling of both
populations in close proximity to one another. Twenty plot point locations were chosen randomly on a
40 m × 40 m grid using fGIS within severely and minimally drought-affected forest, and a subset of
6–10 points were used for sampling. On each plot point, the point-centered quarter method of tree
sampling was used to select trees [31]. Four trees were selected surrounding each point by measuring
the closest tree (E. marginata or C. calophylla, diameter at breast height over bark (DBHOB) >10 cm) to
the plot point in each of four quadrats (NW, NE, SE, SW). The distance from the plot center to the four
trees selected was measured and used to determine the density of trees in each forest area based on the
methods outlined in Mitchell [31].

2.3. Damage and Tissue Moisture

Either 3 or 4 overstory trees (>10 cm DBHOB, E. marginata or C. calophylla) were chosen for
sampling on each plot. Each sampled tree was assessed using differences in visual condition [32]
and placed into one of three crown health classes, based on the severity of discoloration exhibited by
crown foliage, adapted from Worrall et al. [33]. Trees considered “healthy” had predominantly (>75%)
green, turgid foliage and limited evidence of stress, “dying” trees had predominantly yellow, pink,
and/or dry foliage, while “recently killed” trees had completely red, dead foliage. On each tree at
DBHOB and ground line, four patches of bark, greater than 100 cm2 in size, were removed from each
cardinal direction (8–100 cm2 patches per tree). Removing the bark exposed the surface of the inner
bark/phloem where P. semipunctata forms feeding galleries [16]. The area of stem surface damaged
by P. semipunctata feeding was determined to the nearest 1 cm2 using a 100 cm2 transparent grid,
placed over each patch of exposed inner bark. In order to estimate the phloem and outer sapwood
tissue moisture, which is thought to be important in P. semipunctata infestation success [14,34], a 2
cm diameter plug of tissue was collected from each sampled patch using a 19 mm diameter drill bit.
Tissue samples were weighed in the field immediately following collection, taken to the laboratory,
dried at 70 ◦C for five days, and re-measured to determine moisture content.

2.4. Infestation Levels

For each tree, the loose outer bark was scraped from the bottom 2 m of the stem to more clearly
detect P. semipunctata exit holes. Following outer bark removal, the total number of P. semipunctata exit
holes (defined as being 8–12 mm in diameter) was counted. The density of P. semipunctata (exit holes
per m2 stem surface area) was derived for each tree using DBHOB and assuming a perfect cylinder of
2 m in height. These methods closely followed other studies, where Cerambycid beetle populations
were estimated using only the bottom 2 m of trees [35], and is justified by within-tree studies that
have shown this area represents the majority of beetle emergence [36] Seaton (unpublished data). To
calculate adult emergence (ha−1) tree densities found from surveys, and population levels per tree
for each forest area (averaged over all sites measured) were then scaled-up and used to calculate total
estimated borer populations for each minimally and severely drought-affected forest areas. Sample
trees crown health were similarly assigned into classes based on Worrall et al. [33], where; “healthy”
showed limited evidence of crown dieback from the disturbance (>90% of original crown present),
“moderate dieback” included trees showing evidence of partial crown dieback, while retaining some
(>10%) original foliage, “severe dieback” included trees which lost all original foliage (and had coppice
and epicormic shoots present) and “recently killed” trees had lost all foliage during the disturbance
and either failed to resprout or all resprouts were dead.
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2.5. Data Analysis

2.5.1. Damage and Tissue Moisture

Since stem damage and tissue moisture were found to be similar between E. marginata and C.
calophylla following Mann–Whitney tests (damage U = 2.39, df = 1, p = 0.1217, moisture U = 0.81, df =
1, p = 0.3679), they were grouped for all analyses. To examine the association between P. semipunctata
damage and crown health class, the proportion of inner bark damaged (severity) by P. semipunctata and
tissue moisture were analyzed using nonparametric Kruskal–Wallis tests followed by Mann–Whitney
tests with Bonferonni correction in SAS (Statistical Analysis System, SAS Institute, version 9.3, Cary,
NC, USA) due to non-normally distributed data. Means (±SE) are shown as appropriate. To determine
whether inner bark damage (%) is related to tissue moisture (%), Spearman Rank correlation procedure
(PROC CORR) was used in SAS.

2.5.2. Infestation Levels

We compared E. marginata and C. calophylla infestation levels using Mann–Whitney tests and
were found to be not significantly (U = 1.07, df = 1, p = 0.285) different. Data were then pooled for all
analysis. To compare infestation levels of P. semipunctata in severely and minimally drought-affected
forest areas and the percentage of trees and infestations of P. semipunctata among each crown health
class in the severely-affected forest area were analyzed using nonparametric Kruskal–Wallis tests
followed by Mann–Whitney tests with Bonferonni correction due to unequal variances among health
classes in Genstat v16 for Windows, (VSN International, Hempstead, United Kingdom). Means (±SE)
are shown as appropriate.

3. Results

3.1. Damage and Tissue Moisture

Phoracantha semipunctata damage to the inner bark/phloem was found to vary with crown
condition (H2 = 37.97, df = 2, P < 0.0001), with the greatest damage in trees considered to be
recently-killed when surveyed (Figure 2). There was a significant negative relationship (r = −0.4009, p
< 0.0001) between tissue moisture and the proportion of inner bark damaged (Figure 3).
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Figure 2. The pooled percentage incidence of Phoracantha semipunctata damage, the average severity of
damage (% inner bark surface area damaged) and mean tissue moisture content (%) in healthy, dying
and recently killed trees across 20 sites in the Northern Jarrah Forest, southwestern Australia (n = 60).
Significant differences among crown health classes were found for damage severity and tissue moisture
from Kruskal–Wallis tests at alpha = 0.05. Columns sharing the same letter within a variable are not
different from individual Mann–Whitney tests with Bonferroni correction. Error bars represent the
standard error of the mean.

Figure 3. Correlation between the percentage tissue moisture and the percentage of inner bark damaged
from Phoracantha semipunctata in the Northern Jarrah Forest, southwestern Australia. A significant
relationship was determined from Spearman Rank correlation at alpha = 0.05.

3.2. Infestation Levels

On average in the severely-affected forest area, P. semipunctata infestation levels (measured as exit
holes) were 80 times higher than in the minimally-affected area (3.44 ± 0.39 m−2 vs. 0.05 ± 0.04 m−2,
H = 60.85, df = 1, P < 0.001) (Figure 4). This scaled-up to an estimated 2265 beetles per hectare for a
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severely-affected forest and 41 beetles per hectare for a minimally-affected forest, when considering
only the lower 2 m of trees.

Figure 4. Mean density of Phoracantha semipunctata emergence holes (m−2) per bottom 2 m of stems in
minimally and severely drought-affected forest areas in Northern Jarrah Forest, southwestern Australia.
Significant differences between forest areas were found for emergence holes from Kruskal–Wallis tests
at alpha = 0.05. Error bars represent the standard error of the mean, n = 92,304.

In the severely-affected forest, the majority of trees showed severe dieback (>50%) (H = 21.33,
df = 3, P < 0.001) with the highest incidence of trees being infested by P. semipunctata (Figure 5).

Figure 5. The mean percentage of trees and the pooled percentage incidence of Phoracantha semipunctata
emergence holes in trees from four crown health classes within the severely drought-affected forest area
across 11 sites in the Northern Jarrah Forest, southwestern Australia. Significant differences among
trees with different health classes were found from Kruskal–Wallis tests at alpha = 0.05. Columns
sharing the same letter for percentage trees are not different from Mann–Whitney tests with Bonferroni
correction. Error bars represent the standard error of the mean.

Density of P. semipunctata emergence holes varied with crown health class (H = 21.26, df = 3,
P < 0.001), where infestation levels increased as crown health deteriorated (Figure 6). Emergence holes
in trees with severe dieback and recently killed were 17 times higher compared to trees that were
healthy or had moderate dieback (Figure 6). Density of P. semipunctata emergence holes was found to
be different between sites (H = 37.22, df = 10, P < 0.001).
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Figure 6. The density of emergence holes (m−2) of Phoracantha semipunctata in trees with different
crown health classes within severely-affected forest areas across 11 sites in the Northern Jarrah Forest,
southwestern Australia. Significant differences between emergence holes in trees with health classes
were found from Kruskal–Wallis tests at alpha = 0.05. Columns sharing the same letter are not different
from individual Mann–Whitney tests with Bonferroni correction. Error bars represent the standard
error of the mean.

4. Discussion

This is the first study to report that, following a severe drought, canopy collapse was one of
the main contributors to outbreaks of P. semipunctata, in a native ecosystem in Australia. While this
interaction is well known in California and other regions where P. semipunctata and its hosts have been
introduced, it has been rarely reported from native ecosystems [19]. These findings are significant
since the tree species in the Northern Jarrah Forest have historically been resistant to the combined
effects of drought and forest pests [37]. This beetle outbreak, along with other pest outbreaks in similar
ecosystems [23], suggest that climate shifts are changing host-pest interactions in the region.

Host defense against forest pests is expected to be altered with climate change and associated
increases in host stress [12]. Inner bark tissue moisture has been found to be an important defense
against the successful development of P. semipunctata in eucalypts [14,34]. Sufficient inner bark and
phloem moisture is thought to force larvae to feed in poorer quality outer bark tissue, which can
reduce beetle growth and survival and limit damage to the host [14]. If beetles are unable to avoid the
moist inner bark, death of larvae can occur from excessive moisture, or drowning [34]. The association
between low tissue moisture and high inner bark damage reported here, during severe drought,
provides some support for previous findings [14,34]. However, other related factors, including the
concentration of non-structural carbohydrates in tissues, reduced secondary defense compounds, and
elevated temperatures may have also contributed to larval development [38–40]. Further research is
necessary to determine the environmental changes that occur in hosts during periods of drought stress,
and the relative influence of these factors on P. semipunctata establishment and success in the Northern
Jarrah Forest.

This is the first study to estimate population levels of P. semipunctata in the Northern Jarrah
Forest, and indeed any natural forest in its native range. Infestation levels of P. semipunctata observed
in minimally-affected forest are likely to be near, background levels for the Northern Jarrah Forest,
since the level of drought stress observed in these areas is consistent with that observed during the
seasonal summer drought. In comparison, background levels of other endemic Cerambycids, such
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as E. rufulus are generally higher [13]. However, outbreak population levels of P. semipunctata were
found to be comparable to levels of E. rufulus in oak (Quercus spp.) trees [35]. The implications of high
populations of P. semipunctata are not well-known in its native ecosystems; however, this study clearly
shows that beetles stayed confined to severely-stressed areas, unlike the pine bark beetles in North
America’s forests which attacked healthy trees during outbreaks [41]. This suggests that populations
of P. semipunctata fall considerably after the cessation of drought. Despite this, with continued drying
in southwestern Australia, the combination of drought and heat may lead to more frequent and severe
outbreaks of P. semipunctata.

The drought-induced canopy collapse in the Northern Jarrah Forest was not unlike other mortality
events observed in recent years [42], in terms of its severity and extent. While results from this study
strongly suggests P. semipunctata populations are likely to rise in the coming years with increases
in forest drought stress, the effects of increased beetle populations on the Northern Jarrah Forest is
unclear. If the behavior of P. semipunctata in the Northern Jarrah Forest closely follows that of other
endemic Cerambycids [35,43], population outbreaks such as the one observed following the 2011
collapse may predispose trees to suffer higher mortality during less severe drought episodes in future
years. Increased population monitoring may enable us to determine the magnitude of forest changes
from P. semipunctata outbreaks in relation to climate warming.

5. Conclusions

Drought-affected trees in this study were vulnerable to beetle attack from the native Cerambycid,
P. semipunctata, with trees killed by the 2011 drought containing the highest infestation levels. Low
levels of tissue moisture in dead and dying trees, which is known to make other hosts susceptible to
P. semipunctata, was correlated with high levels of beetle damage. Since P. semipunctata was largely
restricted to trees severely-affected by drought, and these trees were concentrated in discrete areas,
there is minimal evidence that P. semipunctata can attack and kill trees not experiencing severe water
stress. However, as a result of climate change, drought prone areas are expected to become more
common and could result in more frequent outbreaks.

Acknowledgments: The authors thank Department of Parks and Wildlife for their support in accessing the
Northern Jarrah Forest. Financial support for this research was provided in part through a National Climate
Change Adaptation Research Facility (NCCARF) grant and Murdoch University.

Author Contributions: Stephen Seaton designed the original study, undertook fieldwork and running of the
experiment, analyzed data and co-wrote the manuscript. George Matusick assisted with design and fieldwork,
analyzed data and co-wrote the manuscript. Katinka Ruthrof assisted with design and fieldwork and co-wrote the
manuscript. Giles E. St. J. Hardy assisted with designing the experiment and carried out manuscript editing.

Conflicts of Interest: The authors declare no conflict of interest.

References

1. Negrón, J.F.; McMillin, J.D.; Anhold, J.A.; Coulson, D. Bark beetle-caused mortality in a drought-affected
ponderosa pine landscape in Arizona, USA. For. Ecol. Manag. 2009, 257, 1353–1362. [CrossRef]

2. Hart, C.J. Drought induces spruce beetle outbreaks across northwestern Colorado. Integr. Pest Manag. Rev.
2014, 6, 247–252.

3. Knight, S.K.; Brown, J.P.; Long, R.P. Factors affecting the survival of ash (Fraxinus spp.) trees infested by
emerald ash borer (agrilus planipennis). Biol. Invasions 2013, 15, 371–383. [CrossRef]

4. Intergovernmental Panel on Climate Change. Climate Change 2014: The Physical Science Basis. Contribution
of Working Group I to the Fifth Assessment Report of the Intergovernmental Panel on Climate Change;
Cambridge University Press: New York, NY, USA, 2014.

5. Bentz, B.J.; Régnière, J.; Fettig, C.J.; Hansen, E.M.; Hayes, J.L.; Hicke, J.A.; Kelsey, R.G.; Negrón, J.F.;
Seybold, S.J. Climate change and bark beetles of the western United States and Canada: Direct and indirect
effects. BioScience 2010, 60, 602–613. [CrossRef]

6. Diffenbaugh, N.S.; Pal, J.S.; Giorgi, F.; Gao, X. Heat stress intensification in the Mediterranean climate change
hotspot. Geophys. Res. Lett. 2007, 34, L11706. [CrossRef]

67



Forests 2015, 6, 3868–3881

7. Bates, B.C.; Hope, P.; Ryan, B.; Smith, I.; Charles, S. Key findings from the indian ocean climate initiative and
their impact on policy development in Australia. Clim. Chang. 2008, 89, 339–354. [CrossRef]

8. Peñuelas, J.; Lloret, F.; Montoya, R. Severe drought effects on Mediterranean woody flora in Spain. For. Sci.
2001, 47, 214–219.

9. Coulson, R.N.; Stephen, F.M. Impacts of insects in forest landscapes-implications for forest health
management. In Invasive Forest Insects, Introduced Forest Trees, and Altered Ecosystems; Paine, T.D., Ed.;
Springer: Dordrecht, The Netherlands, 2006; pp. 101–125.

10. Hebertson, E.G.; Jenkins, M.J. Climate factors associated with historic spruce beetle (coleoptera:
Curculionidae) outbreaks in Utah and Colorado. Environ. Entomol. 2008, 37, 281–292. [CrossRef] [PubMed]

11. Boucher, T.V.; Mead, B.R. Vegetation change and forest regeneration on the Kenai Peninsula, Alaska following
a spruce beetle outbreak, 1987–2000. For. Ecol. Manag. 2006, 227, 233–246. [CrossRef]

12. Flower, C.E.; Gonzalez-Meler, M.A. Responses of temperate forest productivity to insect and pathogen
disturbances. Annu. Rev. Plant Biol. 2015, 66, 547–569. [CrossRef] [PubMed]

13. Stephen, F.M.; Salisbury, V.B.; Oliveira, F.L. Red oak borer, enaphalodes rufulus (coleoptera: Cerambycidae),
in the Ozark mountains of Arkansas, USA: An unexpected and remarkable forest disturbance. Integr. Pest
Manag. Rev. 2001, 6, 247–252. [CrossRef]

14. Hanks, L.M.; Paine, T.D.; Millar, J.G.; Campbell, C.D.; Schuch, U.K. Water relations of host trees and resistance
to the phloem-boring beetle Phoracantha semipunctata F. (Coleoptera: Cerambycidae). Oecologia 1999, 119,
400–407. [CrossRef]

15. Duffy, E.A.J. A Monograph of the Immature Stages of Australasian Timber Beetles (Cerambycidae); British Museum
(Natural History), Ed.; Trustees of the British Museum: London, UK, 1963; p. 235.

16. Hanks, L.M.; McElfresh, J.S.; Millar, J.G.; Paine, T.D. Phoracantha semipunctata (coleoptera: Cerambycidae), a
serious pest of eucalytpus in California: Biology and laboratory-rearing procedures. Ann. Entomol. Soc. Am.
1993, 86, 95–102. [CrossRef]

17. Scriven, G.T.; Reeves, E.L.; Luck, R.F. Beetle from Australia threatens eucalyptus. Calif. Agric. 1986, 40, 4–6.
18. Wang, Q. A taxonomic revision of the Australian genus phoracantha newman (coleoptera: Cerambycidae).

Invertebr. Taxon. 1995, 9, 865–958. [CrossRef]
19. Curry, S.J. The association of insects with eucalypt dieback in south western Australia. In Eucalypt Dieback in

Forests and Woodlands; Old, K.M., Kile, G.A., Eds.; CSIRO: Melbourne, Australia, 1981; pp. 130–133.
20. Clarke, J. The marri borer (tryphocaria hamata). J. Agric. West. Aust. 1925, 2, 513–517.
21. Hooper, R.J.; Sivasithamparam, K. Characterization of damage and biotic factors associated with the decline

of eucalyptus wandoo in southwest western Australia. Can. J. For. Res. 2005, 35, 2589–2602. [CrossRef]
22. Matusick, G.; Ruthrof, K.; Hardy, G. Drought and heat triggers sudden and severe dieback in a dominant

Mediterranean-type woodland species. Open J. For. 2012, 2, 183–168. [CrossRef]
23. Hooper, R.J.; Wills, A.; Shearer, B.L.; Sivasithamparam, K. A redescription and notes on biology of Cisseis

fascigera obenberger (Coleoptera: Buprestidae) on declining eucalyptus wandoo in south-western Australia.
Aust. J. Entomol. 2010, 49, 234–244. [CrossRef]

24. Matusick, G.; Ruthrof, K.X.; Brouwers, N.C.; Dell, B.; Hardy, G.S.J. Sudden forest canopy collapse
corresponding with extreme drought and heat in a Mediterranean-type eucalypt forest in southwestern
Australia. Eur. J. For. Res. 2013, 132, 497–510. [CrossRef]

25. Hanks, L.M.; Paine, T.D.; Millar, J.G. Influence of the larval environment on performance and adult body
size of the wood-boring beetle Phoracantha semipunctata. Entomol. Exp. Appl. 2005, 114, 25–34. [CrossRef]

26. Gentilli, J. Climate of the jarrah forest. In The Jarrah Forest: A Complex Mediterranean Ecosystem; Dell, B.,
Havel, J., Eds.; Kluwer Academic Publ: Dordrecht, The Netherlands, 1989; pp. 23–40.

27. Marchant, N.G. Species diversity in the southwestern flora. J. R. Soc. West. Aust. 1973, 56, 23.
28. McArthur, W.M.; Churchwood, H.M.; Hick, P.T. Landform and Soils of the Murray River Catchment Area of

Western Australia, 3rd ed.; Management, D.O.L.R., Ed.; Commonwealth Scientific and Industrial Research
Organization, Division of Land Resources Management: Melbourne, Australia, 1977; pp. 1–23.

29. Brouwers, N.; Matusick, G.; Ruthrof, K.; Lyons, T.; Hardy, G. Landscape-scale assessment of tree crown
dieback following extreme drought and heat in a Mediterranean eucalypt forest ecosystem. Land. Ecol. 2013,
28, 69–80. [CrossRef]

30. Paine, T.D.; Dreistadt, S.H.; Millar, J.G. Eucalyptus Longhorned Borers; UC Statewide Integrated Pest
Management Program; University of California: Davis, CA, USA, 2009.

68



Forests 2015, 6, 3868–3881

31. Mitchell, K. Quantitative Analysis by the Point-Centered Quarter Method; Department of Mathematics and
Computer Science: Geneva, Switzerland, 2007; pp. 1–37.

32. Flower, C.E.; Knight, K.S.; Rebbeck, J.; Gonzalez-Meler, M.A. The relationship between emerald ash borer
(agrilus planipennis fairmaire) and ash (fraxinus spp.) tree decline: Using visual ash condition assessments and
leaf isotope measurements to assess pest damage. For. Ecol. Manag. 2013, 303, 143–147. [CrossRef]

33. Worrall, J.J.; Egeland, L.; Eager, T.; Mask, R.A.; Johnson, E.W.; Kemp, P.A.; Shepperd, W.D. Rapid mortality
of populus tremuloides in southwestern Colorado, USA. For. Ecol. Manag. 2008, 255, 686–696. [CrossRef]

34. Hanks, L.M.; Paine, T.D.; Millar, J.G. Mechanisms of resistance in eucalyptus against larvae of the eucalyptus
longhorned borer (coleoptera: Cerambycidae). Environ. Entomol. 1991, 20, 1583–1588. [CrossRef]

35. Fierke, M.K.; Kelley, M.B.; Stephen, F.M. Site and stand variables influencing red oak borer, enaphalodes
rufulus (coleoptera: Cerambycidae), population densities and tree mortality. For. Ecol. Manag. 2007, 247,
227–236. [CrossRef]

36. Timms, L.L.; Smith, S.M.; de Groot, P. Patterns in the within-tree distribution of the emerald ash borer (agrilus
planipennis fairmaire) in young, green-ash plantations of south-western Ontario, Canada. Agric. For. Entomol.
2008, 8, 313–321. [CrossRef]

37. Abott, I.; Loneragan, O. Ecology of Jarrah (Eucalyptus Marginata) in the Northern Jarrah Forest of Western Australia;
Department of Conservation and Land Management: Perth, Australia, 1986.

38. Huberty, A.F.; Denno, R.F. Plant water stress and its consequences for herbivorous insects: A new synthesis.
Ecology 2004, 85, 1383–1398. [CrossRef]

39. Salle, A.; Nageleisen, L.-M.; Lieutier, F. Bark and wood boring insects involved in oak declines in Europe:
Current knowledge and future prospects in a context of climate change. For. Ecol. Manag. 2014, 328, 79–93.
[CrossRef]

40. Koricheva, J.; Larsson, S.; Haukioja, E. Insect performance on experimentally stressed woody plants:
A meta-analysis. Ann. Rev. Entomol. 1998, 43, 195–216. [CrossRef] [PubMed]

41. Raffa, K.F.; Aukema, B.H.; Bentz, B.J.; Carroll, A.L.; Hicke, J.A.; Turner, M.G.; Romme, W.H. Cross-scale
drivers of natural disturbances prone to anthropogenic amplification: The dynmaics of bark beetle eruptions.
BioScience 2008, 58, 501–517. [CrossRef]

42. Allen, C.D.; Macalady, A.K.; Chenchouni, H.; Bachelet, D.; McDowell, N.; Vennetier, M.; Kitzberger, T.;
Rigling, A.; Breshears, D.D.; Hogg, E.H.; et al. A global overview of drought and heat-induced tree mortality
reveals emerging climate change risks for forests. For. Ecol. Manag. 2010, 259, 660–684. [CrossRef]

43. Fan, Z.; Kabrick, J.M.; Spetich, M.A.; Shifley, S.R.; Jensen, R.G. Oak mortality associated with crown dieback
and oak borer attack in the ozark highlands. For. Ecol. Manag. 2008, 255, 2297–2305. [CrossRef]

© 2015 by the authors. Licensee MDPI, Basel, Switzerland. This article is an open access
article distributed under the terms and conditions of the Creative Commons Attribution
(CC BY) license (http://creativecommons.org/licenses/by/4.0/).

69



Article

Species Distribution Model for Management of an
Invasive Vine in Forestlands of Eastern Texas

Hsiao-Hsuan Wang 1,*, Tomasz E. Koralewski 2, Erin K. McGrew 1, William E. Grant 1 and

Thomas D. Byram 2,3

1 Department of Wildlife and Fisheries Sciences, Texas A&M University, College Station, TX 77843, USA;
ekmcgrew@email.tamu.edu (E.K.M.); wegrant@tamu.edu (W.E.G.)

2 Department of Ecosystem Science and Management, Texas A&M University, College Station, TX 77843, USA;
tkoral@tamu.edu (T.E.K.); t-byram@tamu.edu (T.D.B.)

3 Texas A&M Forest Service, College Station, TX 77843, USA
* Correspondence: hsuan006@tamu.edu; Tel.: +1-979-845-5702; Fax: +1-979-845-3786

Academic Editor: Diana F. Tomback
Received: 14 September 2015; Accepted: 18 November 2015; Published: 27 November 2015

Abstract: Invasive plants decrease biodiversity, modify vegetation structure, and inhibit growth
and reproduction of native species. Japanese honeysuckle (Lonicera japonica Thunb.) is the most
prevalent invasive vine in the forestlands of eastern Texas. Hence, we aimed to identify potential
factors influencing the distribution of the species, quantify the relative importance of each factor,
and test possible management strategies. We analyzed an extensive dataset collected as part of the
Forest Inventory and Analysis Program of the United States Department of Agriculture (USDA)
Forest Service to quantify the range expansion of Japanese honeysuckle in the forestlands of eastern
Texas from 2006 to 2011. We then identified potential factors influencing the likelihood of presence
of Japanese honeysuckle using boosted regression trees. Our results indicated that the presence of
Japanese honeysuckle on sampled plots almost doubled during this period (from 352 to 616 plots),
spreading extensively, geographically. The probability of invasion was correlated with variables
representing landscape conditions, climatic conditions, forest features, disturbance factors, and forest
management activities. Habitats most at risk to invasion under current conditions occurred primarily
in northeastern Texas, with a few invasion hotspots in the south. Estimated probabilities of invasion
were reduced most by artificial site regeneration, with habitats most at risk again occurring primarily
in northeastern Texas.

Keywords: biodiversity; biological invasions; boosted regression trees; Japanese honeysuckle;
likelihood of invasion; Lonicera japonica Thunb.

1. Introduction

Invasive species have caused dramatic economic damage and loss of biodiversity worldwide and
non-native species continue to invade forest ecosystems in the United States at an accelerating rate [1].
Despite general consensus on the risks posed by alien species, the exact economic and ecological
impact of invasions is an active area of debate and, in some cases, certain potential benefits are pointed
out, depending on particular species, scenario, and perspective (reviewed in [2]). Nevertheless, there
are an estimated 50,000 non-native species on U.S. soil [3]. According to Wilcove et al. [4], 57% of the
1055 imperiled plant species in the U.S., for which they managed to collect threat data, were negatively
impacted by alien species. Based on the same data, Gurevitch and Padilla [5], estimated that out of
602 plant species in the U.S. imperiled by invaders, 410 (about 68%) could be linked to competition
and indirect habitat effects caused by alien plants, but highlighted that invasive plants often act in
parallel with other factors, such as habitat loss. Invasive plants reduce forest productivity [6] and

Forests 2015, 6, 4374–4390; doi:10.3390/f6124374 www.mdpi.com/journal/forests70



Forests 2015, 6, 4374–4390

degrade forest health [2], and pose a particularly severe threat to the economically and ecologically
important forestlands in the southeastern U.S. Southeastern forests contain about 201 million acres of
timberland, corresponding to about 58% of U.S. timber production and about 16% of timber production
world-wide [7], and also support a high level of biodiversity, with over 3000 native plant species [8].
However, invasive plants threaten both the productivity of timber species essential to economic
sustainability of the region [9] and the biodiversity equilibrium essential to the provision of ecosystem
services, such as erosion control [10].

Japanese honeysuckle (Lonicera japonica Thunb.), which was introduced into the U.S. from China
and Japan in the early 1800s [11], is one of the most aggressive invasive species in North America.
It has become naturalized in 45 states of the U.S., and the Canadian province of Ontario [11,12]. Its
attractive and fragrant flowers made it a valued cultivar, but its long flowering period and hardy
growth characteristics allowed it to escape cultivation [11], probably during the 1890s, and spread to
most of its present range within about 30 years [13]. Japanese honeysuckle prefers moist woodlands,
often growing in tangled clumps along slopes, but is able to tolerate most forest conditions [14]. It
grows rapidly, flowers early and for long durations [15], reproduces via animal-dispersed seeds or
vegetatively [16], possesses phenotypic plasticity which reduces herbivore damage [17], and has no
known predators or pathogens within its invaded range [11]. It negatively affects native vegetation [18],
modifying vegetation structure [19], decreasing biodiversity [20,21], and inhibiting natural regeneration
of native species, including loblolly pine [22], a predominant tree species in both artificially and
naturally regenerated forests of the southeast. While natural pine forest range has been gradually
declining, the acreage of pine plantations has been steadily expanding since 1950s, reaching 32 million
acres in 1999 with further expected increase up to 54 million acres in 2040 [23]. The expanding
plantations and increased timber yield additionally highlight economic potential of the southeastern
forests. Approximately 84% of the seedlings planted annually throughout the South are loblolly
pine [24]. In the forestlands of eastern Texas, largely corresponding to the western part of the Piney
Woods ecoregion, where loblolly pine is of both commercial and ecological importance, Japanese
honeysuckle is the most prevalent invasive vine [25].

A recent study identified areas vulnerable to invasion by Japanese honeysuckle throughout
Mississippi, stretching northward across western Tennessee and western Kentucky, westward across
southern Arkansas, eastward across north-central Alabama, and also in several counties scattered
within Virginia [26]. These authors used logistic regression to correlate land characteristics and
climatic conditions with presence/absence of Japanese honeysuckle based primarily on analysis of
data collected prior to 2006.

In the present study, we calculated the recent range expansion of Japanese honeysuckle within
the forestlands of eastern Texas based on analyses of an extensive set of field data collected by the U.S.
Forest Service on fixed plots during the period from 2007 to 2011. We then used boosted regression
trees to analyze an extensive data set collected as part of the Forest Inventory and Analysis (FIA)
program of the United States Department of Agriculture (USDA) Forest Service to identify areas
within the forestlands of eastern Texas that were invaded by Japanese honeysuckle during the FIA
inventory period that extended from 2007 to 2011. We quantitatively assessed a suite of landscape
features, climatic conditions, forest conditions, forest management activities, and disturbances as
potential factors affecting the likelihood of invasion. Based on identification of the potentially most
influential factors, we predicted likelihoods of future invasions by Japanese honeysuckle under a
common management strategy (artificial regeneration of loblolly pine).
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2. Methods

2.1. Study Area and Data Sources

We focused our investigation on eastern Texas, which is an area of vast timber resources [27] that
has been invaded by Japanese honeysuckle [25]. The warm and humid climate in the area is conducive
to invasion.

To document range expansion of Japanese honeysuckle in eastern Texas between the years of 2006
and 2011, we extracted data on the presence or absence of Japanese honeysuckle using the Southern
Nonnative Invasive Plant data Extraction Tool [25] of the USDA Forest Service. In the early 2000s,
as part of the Forest Inventory and Analysis (FIA) Program, the Forest Service’s Southern Research
Station began an intensive regional monitoring of nonnative plant invasions [28]. The FIA Program
is a forest inventory program in which each state inventory is reported every five years in most
southeastern states [29]. The basic sampling design consists of a lattice of 4047-m2 hexagons, with one
sample plot located randomly within each hexagon [29,30]. Each sample plot consists of four subplots
of radius 7.32 m which form a cluster consisting of a central subplot and three peripheral subplots
equidistant from each other arrayed in a circle of radius 36.58 m centered on the central plot. On
each subplot, inventory crews estimate percent cover by target invasive species [28], and also record a
suite of landscape conditions and forest features, as well as past disturbances and forest management
activities [30].

2.2. Quantification of the Range Expansion

At present, two state inventory cycles recording the presence of nonnative plant species have
been reported (in 2006 and 2011) for eastern Texas [25]. We documented range expansion by noting the
presence (with cover) or absence (without cover) of Japanese honeysuckle on each subplot sampled
during each of these two inventories and then mapping and counting the plots in each inventory with
Japanese honeysuckle present. We also calculated an index of potential rate of spread based on the
distance between each plot in which Japanese honeysuckle was first detected during the second survey
and the nearest plot in which Japanese honeysuckle had been detected during the first survey, that is,
the distance to the nearest known propagule source.

2.3. Identification of Potential Factors Influencing Likelihood of Invasion

Widely recognized factors influencing the likelihood of invasion of Japanese honeysuckle include
landscape conditions, climatic conditions, forest features, disturbance factors, and forest management
activities [26,31,32]. Landscape conditions include slope and adjacency to water bodies within 300 m.
Climatic conditions include mean annual precipitation, and mean annual minimum and maximum
temperature. Forest features include stand age, site productivity, basal area, and natural regeneration
(growth of existing trees, natural seeding, or both, resulting in a stand at least 50% stocked with live
trees of any size). Disturbance factors include distance between the plot and the nearest road, distances
between the plot and the nearest known propagule source, and forest disturbance (such as those caused
by animals, disease, fire, insects, and/or wind). Forest management activities such as harvesting, site
preparation (including clearing, slash burning, chopping, disking, bedding, or other practices clearly
intended to prepare a site for reforestation), and artificial regeneration (planting or direct seeding
resulting in a stand in at least 50% stocking with trees of any size). Data on several factors in each of
these broad categories are available from the traditional FIA dataset for plots within our study area
(Table 1). Drawing on the literature on plant invasions, we selected a set of possible variables for plots
within our study area from the PRISM database [33,34] and the FIA dataset (Table 1). We also used the
same dataset to compute Shannon’s index of tree species diversity, Hs, for each plot [35,36]:

Hs “ ´
nsÿ

i“1

Bi
B

lnp Bi
B

q (1)
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where B and Bi are the total stand basal area and the basal area of trees of species i, respectively, and ns

is the number of tree species.

Table 1. Descriptions, possible values or units of measure, and means or counts of landscape conditions,
forest features, disturbance factors, and forest management activities evaluated as potential factors of
site invasion by Japanese honeysuckle in forest plots of eastern Texas.

Variable Value or Unit of Measure
Mean (Range) for Continuous

Data/Count for Categorical Data

Landscape conditions

Slope Degree 2.07 (0.00–32.50)

Adjacency to water bodies within
300 m

No 1830
Yes 471

Climate conditions

Mean annual precipitation cm 127.06 (99.06–154.94)

Mean annual minimum temperature ˝C 12.43 (10.56–16.67)

Mean annual maximum
temperature

˝C 24.89 (22.78–26.11)

Forest features

Stand age Year 35.76 (1–104)

Site productivity

L1: 0–1.39 m3¨ ha´1¨ year´1 9
L2: 1.40–3.49 154
L3: 3.50–5.94 660
L4: 5.95–8.39 931
L5: 8.40–11.54 541
L6: 11.55–15.74 95

L7: >15.74 4

Basal area m2 1.26 (0.00–7.10)

Species diversity Shannon’s species diversity 1.02 (0.00–2.53)

Natural regeneration a No 2348
Yes 46

Disturbance factors

Distance to the nearest road

D1: <30 m 169
D2: 30–91 382
D3: 92–152 273

D4: 153–305 492
D5: 306–805 674
D6: 806–1609 239

D7: 1610–4828 62
D8: 4829–8047 3

D9: >8047 2

Distance to the nearest known
propagule source m 14,343 (0–75,529)

Forest disturbance a,b No 2294
Yes 100
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Table 1. Cont.

Variable Value or Unit of Measure
Mean (Range) for Continuous

Data/Count for Categorical Data

Forest management activities

Harvesting a No 1969
Yes 425

Site preparation a No 2309
Yes 85

Artificial regeneration a No 1802
Yes 592

a Normally within the past five years; b A disturbance code of “yes” indicates that at least 25% of the trees in a
stand are damaged by animals (from deer/ungulates, rabbits, or a combination of animals), disease, fire (from
crown or ground fire, either prescribed or natural), insects, and/or wind (including, but not limited to, damages
from hurricanes and tornados).

2.4. Data Analysis

We associated the data on presence or absence of Japanese honeysuckle (SNIPET) with the data
on landscape conditions, forest features, disturbance factors, and forest management activities (FIA
Data and Tools) using the FIA plot identification numbers. We then conducted our analysis with a
process of machine learning that uses boosted regression trees, which combines decision trees and a
boosting algorithm with a form of logistic regression [37]. For boosted regression trees, the probability
(p) of species occurrence (y “ 1q at a location with the potential explanatory variables (Xq is given
by ppy “ 1|Xq and is modeled via the logit: logit p py “ 1|Xq “ f pXq. We fitted our model in R (R
Development Core Team 2006 version 2.14.1, R Foundation for Statistical Computing, Vienna, Austria)
using the gbm package version 1.5-7 [38]. Our aim was to find the best combination of parameters
(learning rate and tree complexity) that achieved the minimum predictive error (minimum error
for predictions of independent samples). The learning rate, also known as the shrinkage parameter,
determines the contribution of each tree to the growing model, and the tree complexity controls
whether interactions are fitted. We determined the optimal model following the recommendations of
Elith et al. [37] by altering the learning rate and tree complexity (the number of split nodes in a tree)
until the predictive deviance was minimized without over-fitting, and by limiting our choice of the
final model to those that contained at least 1000 trees. We included randomness into the models to
reduce over-fitting and also to improve accuracy and speed of the model selection process [39]. We
represented randomness using a “bag fraction” that specifies the proportion of data to be selected
at each step [37]. We set the default bag fraction at 0.6, meaning that 60% of the data were drawn at
random without replacement from the full training set during each iteration. When we obtained the
optimal model, we evaluated model performance using a ten-fold cross-validation procedure with
re-substitution. For each cross-validation trial, we randomly selected 60% of the dataset for model
fitting and we used the excluded 40% for testing. We then used plot Universal Transverse Mercator
(UTM) coordinates, x for distance east and y for distance north of the UTM origin, to test for spatial
autocorrelation of the residuals of the model, employing Moran’s I index. We calculated the response
variance explained, the area under the receiver operator characteristic curve (AUC), and the overall
accuracy based on the aggregated cross-validation results. We evaluated the reliability and validity
of the optimal model as fair (0.50 < AUC ď 0.75), good (0.75 < AUC ď 0.92), very good (0.92 < AUC
ď 0.97), or excellent (0.97 < AUC ď 1.00) based on the value of AUC [40]. We then used the gbm
library to derive the relative influence of each potential explanatory variable in the optimal model and
constructed partial dependence plots and fitted values plots for the most influential variables [37].
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2.5. Likelihood of Invasion

We used the optimal model to calculate the probability of presence of Japanese honeysuckle on
each of the study plots. We then re-estimated the probabilities of presence assuming that artificial
regeneration occurred on 25%, 50%, 75%, or 100% of the plots. We represented these different levels
of management activity by changing the value of the corresponding element of X (e.g., artificial
regeneration) from “No” to “Yes.” To visually display the results, we superimposed the probabilities
of presence predicted under each level of management activity on maps of the study area using
ArcMapTM 10.2.1 (ESRI, Redlands, CA, USA).

3. Results

3.1. Historical Trends in Range Expansion

As indicated by the FIA records from 2011, Japanese honeysuckle spread extensively throughout
eastern Texas during only a five-year period. The range expansion has been particularly dramatic in the
northern part of the studied area, but the few, initially sparse, hot-spots in the south have also shown
dynamism that seems to match that of the north (Figure 1). The presence of Japanese honeysuckle
almost doubled from 352 plots (14.69%) in 2006 to 616 plots (25.7%) in 2011, and the number of counties
invaded increased from 23 to 41, leaving only two counties un-invaded. The distance between each
plot in which Japanese honeysuckle was first detected during the second survey and the nearest plot
in which Japanese honeysuckle had been detected during the first survey ranged from 0 km to 75 km,
with a mean (˘SE) of 16 km (˘0.5 km).

 

Figure 1. Presence (red dots) and absence (green dots) of Japanese honeysuckle in forested plots
sampled in eastern Texas in (a) 2006 and (b) 2011 as part of the Forest Inventory and Analysis Program
of the U.S. Forest Service [25].

3.2. Potential Determinants of Invasion

We explored 250 combinations of tree complexity (ranging from three to seven) and learning rate
(ranging from 0.001 to 0.05); these produced models with between 800 and 1400 trees. The optimal
model had a tree complexity of five, a learning rate of 0.01, and a total of 1100 trees. Moran’s I index
(I = 0.002) indicated no statistically significant (p = 0.17) spatial autocorrelation. Model predictive
deviance was 0.894 ˘ 0.015 with 80.6% of the total response variance explained. The AUC score was
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0.855 ˘ 0.008 (“good” ability to discriminate between species presence and absence) and the overall
accuracy was 80.8%. Recursive feature elimination tests showed that five variables could be removed
from the model before the resulting predictive deviance exceeded the initial predictive deviance of the
model with all variables.

Examination of the relative contribution of the predictor variables indicated that the top five
accounted for approximately 65% of the contribution in the overall model (Figure 2). Of the five most
influential variables, three were forest features and two were climatic conditions. Basal area was the
most influential variable, contributing 14.8%. Mean annual maximum temperature, biodiversity index
(Shannon’s species diversity), stand age, and precipitation were the second, third, fourth, and fifth
most important variables, contributing 13.7%, 12.8%, 12.0%, and 11.7%, respectively. Distances to
the nearest known propagule source and distance to the nearest road were selected from disturbance
factors. Landscape conditions, climatic conditions, forest features, disturbance factors, and forest
management activities had total contributions of 4.0%, 32.1%, 44.8%, 17.3%, and 1.7%, respectively
(Figure 2).

Figure 2. Cont.
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Figure 2. Partial dependence plots for the explanatory variables included in the optimal boosted
regression tree models for Japanese honeysuckle based on analyses of the 11 most influential variables.
Hash marks at the top of each plot indicate distribution of sample plots along the range of the indicated
variable. X axis labels include the relative contributions (%) of each influential variable included in the
final model (see Table 1 for the description of variables). Y axes are based on the logit scale used for the
indicated variable.

Partial dependence plots indicated that Japanese honeysuckle occurrences were associated with
plots with a slope ratio lower than 8% (Figure 2j). Climatic conditions included a mean annual
maximum temperature below 24.7 ˝C (Figure 2b), an annual precipitation between 110 and 133 cm
(Figure 2e), and a mean annual minimum temperature between 10.6 ˝C and 12.5 ˝C (Figure 2h). Forest
features usually included a basal area less than 2 m2 (Figure 2a), a biodiversity index between 1.0
and 1.8 (Figure 2c), stand age younger than 50 years (Figure 2d), and site productivity higher than
5.95 m3¨ ha´1¨ year´1 (above L3, Figure 2i). Occurrences were more likely in plots with distances to the
nearest known propagule less than 35,000 m (Figure 2f) and to the nearest road less than 91 m (below
D3, Figure 2g), and with no artificial regeneration within the past five years (Figure 2k). In addition,
the fitted values plots (Figure 3) indicated all fitted values in each factor type.
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Figure 3. Fitted values plots for the explanatory variables included in the optimal boosted regression
tree models for Japanese honeysuckle based on analyses of the 11 most influential variables.
Values above each graph indicate the weighted mean of fitted values in relation to each non-factor
explanatory variable.

3.3. Likelihood of Invasion under Current Conditions and Different Levels of Management

Estimated probabilities (p) of invasion under current conditions indicated that approximately 70%
of the plots fell within the 0 < p ď 0.2 category, 24% within the 0.2 < p ď 0.4 category, 5% within the
0.4 < p ď 0.6 category, and about 1% within the 0.6 < p ď 0.8 category (Figure 4). The majority of the
relatively higher estimated probabilities (p > 0.4) were located in northeastern Texas (Figure 5a).
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Figure 4. Number of plots within the indicated categories of estimated probability (p) of invasion (blue:
0 < p ď 0.2, red: 0.2 < p ď 0.4, green: 0.4 < p ď 0.6, purple: 0.6 < p ď 0.8) by Japanese honeysuckle
assuming current conditions, and artificial regeneration on 25%, 50%, 75%, or 100% of the plots (chosen
at random).

Increasing the level of artificial regeneration from zero to 100% in increments of 25% reduced
estimated mean probabilities (p) of invasion from 0.17 to 0.16, 0.15, 0.13, and 0.12, respectively, and
decreased the number of plots with p > 0.2 from 724 to 648, 564, 474, and 373, respectively, (Figure 4).
Once again, the majority of the plots with relatively higher estimated probabilities (p > 0.2) were
located in northeastern Texas (Figure 5b–e).

Figure 5. Cont.
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Figure 5. Estimated probabilities of invasion by Japanese honeysuckle in plots sampled in eastern
Texas as part of the Forest Inventory and Analysis Program of the USDA Forest Service assuming
(a) current conditions, (b) artificial regeneration on 25%, (c) 50%, (d) 75%, or (e) 100% of the plots
(chosen at random).

4. Discussion

The number of sites invaded by Japanese honeysuckle almost doubled within only five years.
Clearly, northern sites are far more frequently invaded than those in the south (Figure 1), and the
species was identified in, what seems moderate, 25.7% of the sampled sites. However, for a better
understanding of the species presence one should perhaps consider that in 2011 less than 5% of the
forested counties in eastern Texas remained uninvaded. The species abundance throughout the region
seems uneven, but given its ability to spread rapidly, as evidenced by comparison of 2006 vs. 2011
presence-absence records, and its current distribution, there is potential for further invasion into other
currently uninvaded sites. The change in spatial patterns, as shown by our results, agrees with the
earlier work by Wang et al. [26] who estimated probabilities of invasion of Japanese honeysuckle
throughout the Southern US forestlands based primarily on analysis of data collected during the FIA
inventory period that ended in 2006. In particular, they identified areas vulnerable to invasion in
eastern Texas, with northeastern sites showing higher probability of invasion. Our index of potential
rate of spread, assuming a mean interval of five years between samples on any given plot, suggests
a mean potential dispersal velocity of 3200 m/year (16 km/5 years), which is faster than the rates
used in the models of Morales and Carlo [41] and Clark et al. [42]. Morales and Carlo [41] used a
spatially-explicit simulation model to estimate a dispersal velocity of approximately 800 m per year
for plants dispersed by frugivores. Clark et al. [42] used a stochastic model based on information from
a variety of sources to estimate a range of annual velocities of seed dispersal by birds: 90% of the seeds
were dispersed 0–100 m from the parent tree, 8% were dispersed 100–500 m, 1.7% were dispersed
500–5000 m and 0.3% were >5000 m. Our index was almost surely biased by exclusion of propagule
sources in relatively close, un-sampled areas; the FIA field data were collected from a lattice of 4047-m2

hexagons, with only one sample plot located randomly within each hexagon [29]. On the other hand,
given that seeds of Japanese honeysuckle are dispersed by wide-ranging animals, such as white-tailed
deer, a relatively high dispersal velocity is not surprising.

While several factors affect a site’s susceptibility to Japanese honeysuckle invasion, forest features
and climate conditions seem to play predominant roles. The majority of the species occurrences have
been noted on sites with very low basal area, although the exact impact of basal area is somewhat
ambiguous considering the interlacing positive and negative effects upon the fitted function along
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the variable’s distribution. A clear and consistent effect, however, may be observed in the case of
other major contributors from the forest features group of variables. In particular, the youngest stands
are most invasion-prone, and the susceptibility gradually decreases with age. High site productivity
appears to favor invasions, as well. Logically, relatively young and highly-productive sites provide
favorable conditions for any species, native and invasive ones alike [43]. The main factor identified as
a limitation to mature forest stand invasions by Japanese honeysuckle was limited light availability,
even though the species can tolerate a relatively low light environment [44,45]. Relatively open
habitats facilitate early age flowering and prolific seed production. Halls [46] showed that Japanese
honeysuckle in eastern Texas reproduced fruit at three years of age when plants were grown in the
open, but at age five when grown in the shade. In addition, signs of stress developed after two years
of growth under 8% of ambient light [47]. Even though new growth was initiated each spring, leaders
would subsequently die back and a portion of the current leaf crop would abscise following maturation
of the flush [47].

Japanese honeysuckle invasions were more abundant on sites with medium-high biodiversity
index values. Although it seems counterintuitive that a new species would successfully establish itself
in a diverse and likely balanced community (a classic view by Elton; [48]), post-invasion dynamics
within this community as well as fate of the invader remain unknown. Debate is ongoing with
arguments and evidence both supporting and opposing the classic perspective, however [48–51]. This
disagreement also was noted between theoretical analyses and field studies (reviewed in [52]). In a
recent case study, Wang and Grant [53] noted that sites with dominant loblolly pine overstory were
less diverse than mixed evergreen-deciduous and mostly-deciduous stands. They suggested that the
evergreen canopy was the likely factor diminishing risk of encroachment by invasive shrubs due to
the decreased amount of light reaching the understory. On the contrary, the mixed canopy partially
opens up from fall to early spring allowing for more light to reach the understory during that period.
Indeed, the interspecies feedback loops [54,55] that characterize ecological communities challenge us
to focus on the processes by which resident species affect the availability of physical resources, such as
light, with which the likelihood of species invasions often are correlated.

Apart from favorable forest features, climate conditions of eastern Texas forest stands also appear
to facilitate Japanese honeysuckle invasions. Leatherman [15] reported that Japanese honeysuckle in
Eastern North America expands generally south of an isotherm where mean January temperature is
´1 ˝C, north of an isotherm where only 5% of January daily low temperatures are <0 ˝C, and east of
a mean annual precipitation of 1016 mm. Although Japanese honeysuckle may tolerate cool winter
temperatures and regrow vigorously the following summer, late spring frosts that damage new growth
and short growing seasons limit the northern distribution [13,56]. Sasek and Strain [57] suggested
that projected future climate change may allow Japanese honeysuckle to expand its northern range;
however, its southern distribution may be limited by mild winter temperatures that are insufficient
for seed stratification. Our simulated intensity of invasion generally decreased with increasing mean
annual temperature and decreasing annual precipitation.

Among the investigated disturbance factors, proximities of the nearest known propagule source
and road were significantly correlated with the distribution of Japanese honeysuckle. Propagule
pressure has been shown to affect the distribution and abundance of many invasive plants [58,59] and,
like many other invasive plants, recruitment limitation tends to slow the range expansion of Japanese
honeysuckle [60,61]. These results support the concept that invasions are best mitigated during the
early stages of recruitment and establishment [62,63] or via control of outlier populations [64]. The
control of biological invasions has become a topic discussed at the highest scientific, policy and
management levels [65]. While long-term invasive plant management strategies are recognized
as essential to reduce the ecological damage and economic costs associated with invasions, the
development and implementation of such plans lags considerably behind [66]. Most of invasive
plant management strategies, including that of Japanese honeysuckle, have emphasized controlling
highly infested areas, despite this knowledge.
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Roads have been shown as invasion corridors that facilitate the spread of invasive plants [67,68].
This is especially likely for an invasive vine such as Japanese honeysuckle, capable of plastic responses
to heterogeneous habitat and thus of rapid growth in light gaps such as road-sides [69]. If there
are no structures available for twining, Japanese honeysuckle can grow in a mat form along the
ground, increasing the likelihood that roads could act as corridors for, rather than barriers to, spread.
Spread of the species along roads may be additionally augmented by seed dispersal, also across the
road, by wildlife. Japanese honeysuckle has been recognized as an important browse and forage
species, especially for white-tailed deer, but also for other wildlife [70–72] throughout much of the
eastern and southern United States, particularly during poor mast years and during winter when other
food sources are scarce or inaccessible [73,74]. For example, in areas of northern Alabama managed
primarily for loblolly pine production, Japanese honeysuckle constituted 49.4% of the year-round diet
of white-tailed deer, whereas no other single food item accounted for more than 6% [75]. White-tailed
deer can move over large distances [76–78] and have been observed utilizing roadways [79,80] and,
thus, may be important vectors of Japanese honeysuckle seed dispersal.

The roles of other studied factors, namely landscape conditions and forest management activities,
were rather minor. About 75% of the plots in eastern Texas currently occupied by Japanese honeysuckle
occur at the northern part of the area, and about 98% occur on lands with a slope ratio less than 8%,
where favorable habitats are created on well-drained sites [81]. In general, the species is noticeably
absent on coarse sands and poor peat soils [82]. Extensive areas of poorly drained soils have also been
linked with the absence of Japanese honeysuckle in southern Florida [15].

Anthropogenic effects on Japanese honeysuckle distribution are multifaceted. However, while
roadways may facilitate the spread of the invader, artificial forest regeneration, one of the management
practices we considered in this work, was shown effective in reducing the likelihood of Japanese
honeysuckle invasions. A positive outcome of artificial regeneration, which generally involves some
effort to control woody competition prior to planting, is that these types of sites are at least temporarily
less susceptible to Japanese honeysuckle invasion. Approaches like herbicide application, mechanical
treatment, or burning, aim to reduce interspecific competition and allow for successful establishment
of the newly planted seedlings. However, as a side effect, this step may also reduce biodiversity
on artificially regenerated sites in general (mean Hs = 0.69 vs. Hs = 1.06 on sites with and without
history of artificial regeneration, respectively). The majority of the industrial plantations are located in
southeastern Texas and, consequently, artificial regeneration is more common in this part of the state,
with about 30% of the sites being classified in this category, as compared to about 21% of the sites in
northeastern Texas, a region with less frequent human intervention and more favorable soil types.

We estimated invasion likelihood by applying boosted regression trees to data on landscape
features, climatic conditions, forest conditions, disturbance factors, and forest management activities
collected over a five-year period. Two valid criticisms of our approach are that our estimates of invasion
likelihood are unique to our method of analysis [83] and to our specification of the variables included
in that analysis [84]. These criticisms are generic problems related to structural uncertainty in the
mathematical representation of natural systems [85]. We identified most of our potential independent
variables following a recent study focused on the invasion of Japanese honeysuckle in forestlands
of the southern United States [27]; however, we did not use exactly the same set of independent
variables and we used a different modeling approach. The possibility remains that there might be
a more powerful model [83] and/or a more useful set of explanatory variables [66]. Evaluation of
the relative merits of the different methodological approaches to geographical distribution modeling
currently is a topic of much debate [83,86,87], but is beyond the scope of the present study.

In conclusion, our analyses suggest that the range of Japanese honeysuckle in forestlands of
eastern Texas is expanding. Even though providing reliable predictions of habitats that are most at risk,
distribution limits, and efficacy of management strategies for any invasive species remain a challenge,
our model showed the positive impact of selected management practices upon reducing the likelihood
of invasion. Our model may also guide forest managers in development of long term monitoring
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and control strategies for Japanese honeysuckle by facilitating detection and eradication of newly
established invasions in eastern Texas.
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Abstract: Eastern hemlock (Tsuga canadensis (L.) is a foundation species in eastern North America
where it is under threat from the highly invasive, exotic hemlock woolly adelgid (Adelges tsugae).
Eastern hemlock is especially important in riparian areas of Central and Southern Appalachia, so we
compared the spatial and temporal composition of benthic collector-gatherers, collector-filterers, and
grazers in headwater streams with hemlock-dominated riparian vegetation to those with deciduous
tree-dominated riparian vegetation to evaluate the extent to which adelgid-induced hemlock loss
could influence composition and abundance of these two functional feeding groups. We found
differences in benthic invertebrate abundance and family-level diversity based on riparian vegetation
and sampling approach, and, often, riparian vegetation significantly interacted with location or
season. Collector-gatherers and grazers were more abundant in eastern hemlock streams in the
summer, when hemlock litter is readily available and deciduous litter is relatively sparse. Riparian
eastern hemlock appears to exert considerable influence on benthic invertebrate functional feeding
group composition in headwater stream communities, as expected with a foundation species. With
the loss of eastern hemlock due to adelgid-induced mortality, we should expect to see alterations
in spatial and temporal patterns of benthic invertebrate abundance and diversity, with potential
consequences to both benthic and terrestrial ecosystem function.

Keywords: Adelges tsugae; Tsuga canadensis; riparian vegetation; headwater streams; benthic
invertebrates; foundation species; invasive species

1. Introduction

Eastern hemlock (Tsuga canadensis (L.) Carrière; Pinales: Pinaceae) is a coniferous foundation
species of eastern North American forests, and is a prominent component of riparian vegetation
in Central Appalachia [1–3]. Foundation species, such as eastern hemlock, define much of the
structure and function within a community by exerting a disproportionate influence on their
surrounding environment, generating locally stable conditions and stabilizing fundamental ecosystem
processes [4,5]. Eastern hemlock regulates nutrient cycling and stream base flows due to its persistent
and elevated transpiration rates, and air, soil, and water temperatures beneath its dense canopy [6–9].
This canopy density significantly reduces light penetration, resulting in a paucity of understory
associates [10]. Eastern hemlock needles and coarse woody debris decompose slowly, resulting in
low rates of nitrogen mineralization and nitrification [11–13]. The slowly decomposing coarse woody
debris generated from eastern hemlock remains prevalent in streams longer than that of deciduous tree
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and shrub species, creating in-stream microhabitats and altering sedimentation rates, flow dynamics,
and nutrient cycling [12,14]. Fish community diversity in streams that drain eastern hemlock riparian
zones is greater than streams with hardwood riparian zones [3]. Headwater streams with healthy
eastern hemlock-dominated riparian zones support unique benthic invertebrate communities in New
England [1,15], and, in Central Appalachia, the shredder component of these invertebrate communities
is influenced by the presence of eastern hemlock [16]. Clearly, eastern hemlock exerts a measureable
effect on an array of community and ecosystem interactions [5,17,18]. These communities are under
threat by an invasive pest that is reshaping the riparian forests associated with these streams, the
hemlock woolly adelgid (Adelges tsugae Annand; Hemiptera: Adelgidae).

Hemlock woolly adelgid is decimating eastern North American hemlocks [19–22], threatening
headwater streams and potentially leading to extensive and permanent changes in the aquatic biota of
these watersheds. Eastern hemlock exhibits little resistance to adelgid feeding and is not expected to
regenerate, resulting in vegetative shifts to deciduous species [21,23]. Eastern hemlock mortality and
the transition to hardwood dominance in headwater stream riparian areas could result in changes to the
soil moisture regime with subsequent alterations to stream discharge, which may impact nutrient and
carbon cycling in the southern Appalachians [8,9,22]. Benthic invertebrate community composition
is correlated with surrounding forest composition [15,16,23], and streams draining eastern hemlock
forests contain greater taxonomic richness than those associated with mixed deciduous forests [1].
Thus, changes in stream invertebrate communities due to adelgid-induced hemlock mortality could
affect trophic interactions and energy cycling throughout the ecosystem.

Headwater streams supply energy downstream in the form of dissolved or particulate organic
matter, nutrients, and benthic invertebrate prey items [24–27]. These small streams also export
considerable energy to riparian areas in the form of emergent adult aquatic insects [28], which results
in reciprocating energy dynamics between headwater streams and the riparian zone [29,30]. In
temperate forests, headwater streams are often sustained by allochthonous coarse particulate organic
matter (CPOM), which is converted to fine particulate organic matter (FPOM) via several pathways,
one of which is by feeding activity of benthic shredders [31–33]. The resulting FPOM then serves as
an energy resource for benthic collectors, which are further subdivided by their feeding mode; those
that collect FPOM from the streambed are designated “collector-gatherers”, whereas those that collect
suspended FPOM from the water column are designated “collector-filterers” [34].

Benthic grazers, in contrast, utilize algae as a food resource, and since headwater streams are
often densely shaded, primary productivity and grazer prevalence is often low in these habitats [31].
But since algal abundance and grazer abundance are intimately linked [35,36], any changes to riparian
vegetation that alter stream light regimes and/or nutrient cycling could alter the complement of
grazers in stream communities [35].

Collectors and grazers together represent half of the expected benthic invertebrate community
within a hypothetical headwater stream [30]. Thus these two functional feeding groups represent a
substantial pool of potential prey within aquatic and terrestrial food webs, which could be affected by
hemlock woolly adelgid-induced loss of eastern hemlock [37].

We sought to gain a broad understanding of the extent to which adelgid-induced hemlock
mortality might affect headwater stream communities, and focus here on benthic invertebrate collectors
and grazers. We compare the spatial and temporal composition of collectors (both collector-gatherers
and collector-filterers) and grazers over a two year period in headwater streams with hemlock
dominated riparian vegetation to those with deciduous tree-dominated riparian vegetation, which
represents one potential end point of the successional trajectory following adelgid-induced hemlock
mortality [21]. This approach allows us to evaluate the extent to which adelgid-induced hemlock loss
may influence the composition and abundance of these two functional feeding groups. Because of
marked differences in stream inputs of allochthonous materials based on dominant riparian vegetation,
we expected to find different communities of collectors in each stream type. This expectation is
corroborated by previous findings that benthic shredders, which produce the FPOM utilized by
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collectors, are more abundant in eastern hemlock streams during summer months [16]. Finally, we
expected that grazer abundance would be highest in deciduous streams prior to bud break and canopy
formation, when shading would impede algal growth.

2. Results

2.1. Study Sites

Our sites (Figure 1) did not differ with respect to watershed area and were similar in stream depth,
discharge, and elevation at the confluence between the two riparian zone vegetation designations [16].
Co-dominant canopy species based on basal area consisted of eastern hemlock, American beech
(Fagus grandifolia Ehrhart), white oak (Quercus alba L.), tulip poplar (Liriodendron tulipifera L.), black
birch (Betula lenta L.), red maple (Acer rubrum L.), and sourwood (Oxydendrum arboretum L), with a
substantial Rhododendron maximum (L.) component in the understory. Riparian vegetation classified
as deciduous-dominated contained significantly lower eastern hemlock basal area in the overstory
(3.1 + 1.3 (S.E.) versus 12.6 + 2.2 (S.E.) m2/ha), but not the understory, relative to those classified as
hemlock-dominated, but eastern hemlock basal area was similar across the three study locations [16].

Figure 1. Location of sites in the Cumberland Plateau physiographic province of eastern Kentucky
(USA) used to evaluate effects of dominant riparian vegetation on benthic collectors and grazers,

including Red River Gorge (    ), Robinson Forest (   ), and Kentucky Ridge State Forest (      ).

2.2. Benthic Invertebrate Collectors and Grazers

We collected 9532 invertebrates. Our sampling generated 28 collector taxa; 6 were classified as
collector-filterers and 22 were classified as collector-gatherers. There were 9 taxa classified as grazers
(Table 1).

The Hydropsychidae were most abundant collector-filterers in kick net samples (n = 1347), Surber
samples (n = 518), and the Hester-Dendy samples (n = 69). The Chironomidae were the most common
collector-gatherer (kick net and Hester-Dendy samples); in the Surber samples the Ephemerellidae
were predominant (n = 417). The Heptageniidae were the most abundant grazers in kick net (n = 1202)
and Surber samples (n = 518), but they were absent from Hester-Dendy samples. The most abundant
grazer taxon in the Hester-Dendy samples was the Elmidae but only 4 individuals were collected
(Table 1).

We found differences in benthic invertebrate abundance and family-level diversity based on
riparian vegetation and sampling approach, and, often, riparian vegetation was involved in significant
two-way interactions with location or season (Table S1). In particular, in samples collected via kick
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net we found significant (p < 0.1) vegetation by season interactions in the Elmidae, Shannon diversity
index at the family level, and overall grazer abundance. In each instance values were elevated
in hemlock streams during summer (Table 2 and Figure 2a–c). Additionally there was a weakly
significant vegetation × season interaction for collector-gatherers sampled via kick nets, with the
lowest abundance in summer. In Hester-Dendy samples, significant vegetation × season interactions
were detected for the Heptageniidae, an Ephemeroptera categorized as a grazer, with abundance
in summer greater in eastern hemlock streams than in their deciduous counterparts (Table 2 and
Figure 2d). Collector-gatherer abundance collected via Hester-Dendy’s in the fall was greater in
hemlock streams than in deciduous streams (Table 2 and Figure 2e).

Table 1. Number of individuals from predominant collector-filterer, collector-grazer, and grazer families
collected from kick net, Surber, and Hester-Dendy samples from eastern hemlock and deciduous
dominated headwater streams, 2008–2010.

Functional Group Family
Kick Net Surber Hester-Dendy

Total
Deciduous Hemlock Deciduous Hemlock Deciduous Hemlock

Collector-Filterers

Hydropsychidae 612 735 252 266 36 33 1934
Simuliidae 65 139 74 68 14 23 383
Polycentropodidae 74 107 63 53 9 24 330
Philopotamidae 44 36 8 10 1 4 103
Isonychiidae 1 1 0 0 1 0 3
Leptoceridae 0 3 0 0 0 0 3
Brachycentridae 2 1 0 0 0 0 3

Total 798 1022 397 397 64 84 2759

Collector-Gatherers

Chironomidae 300 447 111 91 90 78 1117
Ephemerellidae 241 174 324 93 49 68 949
Leptophlebiidae 159 219 58 51 20 18 525
Baetidae 124 102 32 11 19 11 299
Ameletidae 62 49 51 59 7 2 230
Siphlonuridae 68 58 31 19 18 11 205
Ephemeridae 34 21 14 7 1 0 77
Psychomyiidae 3 49 0 0 6 11 69
Dixidae 12 15 4 2 11 7 51
Caenidae 6 2 1 0 0 0 9
Limnephilidae 0 0 4 5 0 0 9
Rhyacophilidae 0 0 1 2 0 0 3
Hydrophilidae 0 1 0 0 0 1 2

Total 1054 1182 634 340 232 213 3655

Grazers

Heptageniidae 608 594 690 316 44 43 2295
Elmidae 139 121 57 41 4 4 366
Uenoidae 36 43 26 43 1 3 152
Psephenidae 58 36 24 15 0 1 134
Dryopidae 12 41 6 16 3 13 91
Glossosomatidae 11 13 13 6 0 2 45
Goeridae 7 8 8 7 0 0 30
Odontoceridae 0 0 0 0 0 4 4
Helicopsychidae 0 1 0 0 0 0 1

Total 871 857 824 444 52 70 3118
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Table 2. Abundance (mean (S.E.)) of benthic collectors and grazers collected in (a) kick nets; (b) Surber;
and (c) Hester-Dendy Samplers from headwater streams with eastern hemlock or deciduous dominated
riparian vegetation across two years in Kentucky (USA). For location, vegetation, and season, means
within rows followed by the same letter are not significantly different (α = 0.1).

Vegetation Location Season

Deciduous Hemlock
Kentucky

Ridge
Robinson

Forest
Red River

Gorge
Fall Spring Summer

a. Kick net

Chironomidae 1.0 (0.2) b 1.5 (0.3) a 0.4 (0.1) b 1.8 (0.4) a 1.6 (0.3) a 1.1 (0.4) b 2.3 (0.4) a 0.4 (0.1) b
Ephemerellidae 0.8 (0.2) a 0.6 (0.1) a 0.2 (0.1) a 0.6 (0.1) a 1.3 (0.3) a 0.3 (0.1) b 1.6 (0.3) a 0.1 (0.0) b
Leptophlebiidae 0.6 (0.1) b 0.8 (0.1) a 0.4 (0.1) a 0.6 (0.1) a 0.9 (0.1) a 1.0 (0.2) a 0.8 (0.1) a 0.2 (0.0) b
Siphlonuridae 0.2 (0.1) a 0.2 (0.1) a 0.3 (0.1) a 0.3 (0.1) a 0.1 (0.0) a 0.0 (0.0) b 0.5 (0.1) a 0.0 (0.0) b
Ameletidae 0.2 (0.1) a 0.2 (0.1) a 0.2 (0.1) a 0.4 (0.1) a 0.1 (0.0) a 0.0 (0.0) a 0.5 (0.1) a 0.0 (0.0) a
Ephemeridae 0.1 (0.0) a 0.1 (0.0) a 0.0 (0.0) b 0.0 (0.0) b 0.2 (0.1) a 0.2 (0.1) a 0.1 (0.0) a 0.0 (0.0) a
Psychomyiidae 0.0 (0.0) a 0.2 (0.1) a 0.0 (0.0) a 0.0 (0.0) a 0.2 (0.1) a 0.2 (0.2) a 0.1 (0.0) a 0.0 (0.0) a
Heptageniidae 2.1 (0.4) a 2.0 (0.3) b 1.4 (0.2) b 0.8 (0.2) b 3.7 (0.6) a 1.0 (0.1) b 4.4 (0.6) a 0.4 (0.1) b
Elmidae 0.5 (0.1) a 0.4 (0.1) b 0.1 (0.0) b 0.1 (0.0) b 1.0 (0.1) a 0.5 (0.1) ab 0.6 (0.1) a 0.3 (0.1) b
Psephenidae 0.2 (0.0) a 0.1 (0.0) a 0.2 (0.0) b 0.0 (0.0) c 0.3 (0.1) a 0.2 (0.0) a 0.2 (0.0) a 0.1 (0.0) a
Uenoidae 0.1 (0.0) a 0.1 (0.1) a 0.1 (0.1) a 0.0 (0.0) a 0.2 (0.1) a 0.0 (0.0) b 0.4 (0.1) a 0.0 (0.0) b
Dryopidae 0.0 (0.0) a 0.1 (0.0) a 0.0 (0.0) b 0.0 (0.0) b 0.2 (0.1) a 0.1 (0.0) a 0.0 (0.0) b 0.1 (0.1) a
Hydropsychidae 2.1 (0.3) a 2.5 (0.3) a 1.9 (0.3) b 0.3 (0.1) c 4.4 (0.5) a 3.4 (0.6) a 1.8 (0.3) b 2.0 (0.3) b
Simuliidae 0.2 (0.0) a 0.5 (0.1) a 0.2 (0.1) a 0.3 (0.1) a 0.5 (0.2) a 0.0 (0.0) b 0.9 (0.2) a 0.0 (0.0) b
Polycentropodidae 0.3 (0.1) a 0.4 (0.1) a 0.2 (0.0) b 0.1 (0.0) b 0.6 (0.1) a 0.3 (0.1) a 0.5 (0.1) a 0.1 (0.0) b
Philopotamidae 0.2 (0.1) a 0.1 (0.0) a 0.1 (0.0) a 0.2 (0.1) a 0.1 (0.1) a 0.2 (0.1) a 0.2 (0.1) a 0.0 (0.0) a
Simpson 0.5 (0.0) a 0.5 (0.0) a 0.5 (0.0) a 0.3 (0.0) b 0.6 (0.0) a 0.5 (0.0) a 0.6 (0.0) a 0.3 (0.0) b
Shannon 0.7 (0.0) b 0.8 (0.0) a 0.7 (0.0) b 0.5 (0.0) c 1.0 (0.0) a 0.8 (0.0) b 1.0 (0.0) a 0.5 (0.0) c
Evenness 0.6 (0.0) a 0.6 (0.0) a 0.6 (0.0) a 0.4 (0.0) b 0.7 (0.0) a 0.6 (0.0) a 0.7 (0.0) a 0.4 (0.0) b
Filterer 2.8 (0.3) a 3.5 (0.4) a 2.4 (0.3) b 0.8 (0.1) c 5.6 (0.6) a 3.9 (0.6) a 3.4 (0.4) a 2.2 (0.3) a
Gatherer 3.7 (0.5) a 4.1 (0.5) a 1.9 (0.2) b 4.2 (0.7) ab 5.2 (0.6) a 3.1 (0.5) b 7.1 (0.7) a 1.0 (0.1) c
Collector 6.4 (0.6) a 7.6 (0.8) a 4.4 (0.4) b 5.1 (0.8) b 10.8 (1.0) a 7.0 (1.0) b 10.4 (1.0) a 3.2 (0.4) b
Grazer 3.0 (0.4) a 2.9 (0.4) b 1.8 (0.2) b 1.0 (0.2) c 5.6 (0.7) a 1.9 (0.2) b 5.6 (0.7) a 1.0 (0.1) b
Total 9.5 (0.9) a 10.5 (1.0) a 6.2 (0.5) b 6.1 (0.9) b 16.5 (1.6) a 9.0 (1.1) b 16.0 (1.5) a 4.2 (0.5) b

b. Surber

Ephemerellidae 2.3 (0.6) a 0.7 (0.1) a 0.2 (0.1) b 1.3 (0.3) ab 2.7 (0.7) a 0.1 (0.0) b 3.7 (0.7) a 0.1 (0.0) b
Chironomidae 0.8 (0.2) a 0.6 (0.1) a 0.1 (0.1) a 1.7 (0.3) a 0.3 (0.1) a 0.0 (0.0) b 1.7 (0.3) a 0.1 (0.0) b
Ameletidae 0.4 (0.1) a 0.4 (0.1) a 0.1 (0.1) a 0.9 (0.2) a 0.2 (0.1) a 0.0 (0.0) a 1.0 (0.2) a 0.0 (0.0) a
Leptophlebiidae 0.4 (0.1) a 0.4 (0.1) a 0.1 (0.0) b 0.4 (0.1) a 0.6 (0.2) a 0.5 (0.2) a 0.4 (0.1) a 0.3 (0.1) a
Siphlonuridae 0.2 (0.1) a 0.1 (0.1) a 0.1 (0.1) a 0.3 (0.1) a 0.1 (0.1) a 0.1 (0.0) a 0.4 (0.1) a 0.0 (0.0) a
Baetidae 0.2 (0.1) a 0.1 (0.0) a 0.0 (0.0) a 0.1 (0.0) a 0.3 (0.1) a 0.0 (0.0) b 0.3 (0.1) a 0.0 (0.0) b
Hydropsychidae 1.8 (0.3) a 1.9 (0.3) a 1.9 (0.4) b 0.2 (0.1) c 3.2 (0.4) a 2.3 (0.5) a 2.4 (0.4) a 0.9 (0.2) a
Simuliidae 0.5 (0.1) a 0.5 (0.3) a 0.2 (0.1) a 0.4 (0.1) a 0.8 (0.4) a 0.0 (0.0) b 1.2 (0.4) a 0.1 (0.0) b
Polycentropodidae 0.4 (0.1) a 0.4 (0.1) a 0.2 (0.1) b 0.1 (0.0) b 0.8 (0.2) a 0.4 (0.1) a 0.7 (0.2) a 0.0 (0.0) a
Heptageniidae 4.9 (1.3) a 2.2 (0.5) a 1.3 (0.2) a 1.5 (0.5) a 7.1 (1.7) a 0.7 (0.2) b 8.7 (1.7) a 0.2 (0.0) b
Elmidae 0.4 (0.1) a 0.3 (0.1) a 0.1 (0.0) a 0.3 (0.1) a 0.6 (0.1) a 0.2 (0.1) a 0.4 (0.1) a 0.4 (0.1) a
Simpson 0.4 (0.0) a 0.5 (0.0) a 0.4 (0.0) b 0.5 (0.0) b 0.6 (0.0) a 0.4 (0.0) b 0.7 (0.0) a 0.3 (0.0) b
Shannon 0.6 (0.0) a 0.7 (0.1) a 0.5 (0.1) b 0.7 (0.1) b 0.9 (0.1) a 0.6 (0.1) b 1.1 (0.1) a 0.4 (0.0) b
Evenness 0.5 (0.0) a 0.6 (0.0) a 0.5 (0.0) b 0.5 (0.0) b 0.6 (0.0) a 0.5 (0.1) b 0.7 (0.0) a 0.4 (0.0) b
Filterer 2.8 (0.4) a 2.8 (0.5) a 2.3 (0.5) b 0.8 (0.2) c 4.9 (0.7) a 2.8 (0.5) b 4.5 (0.7) a 1.1 (0.2) b
Gatherer 4.5 (0.8) a 2.4 (0.3) a 0.8 (0.2) b 4.8 (0.7) a 4.4 (0.9) a 1.0 (0.2) b 7.6 (1.0) a 0.8 (0.2) b
Collector 7.3 (1.1) a 5.2 (0.7) a 3.1 (0.5) b 5.7 (0.8) b 9.2 (1.4) a 3.8 (0.6) b 12.0 (1.4) a 1.9 (0.3) c
Grazer 5.8 (1.4) a 3.1 (0.5) b 1.5 (0.2) b 1.9 (0.5) b 8.9 (1.8) a 1.5 (0.2) b 9.9 (1.8) a 0.9 (0.2) b
Total 13.2 (2.3) a 8.4 (1.1) a 4.6 (0.7) b 7.6 (1.0) b 18.2 (3.1) a 5.3 (0.8) b 21.9 (3.0) a 2.8 (0.3) b

c. Hester-Dendy

Chironomidae 0.5 (0.1) a 0.4 (0.1) a 0.2 (0.1) b 0.8 (0.2) a 0.5 (0.1) ab 0.2 (0.1) b 0.2 (0.2) a 0.2 (0.1) b
Ephemerellidae 0.3 (0.1) a 0.4 (0.1) a 0.2 (0.1) a 0.4 (0.1) a 0.4 (0.1) a 0.6 (0.2) a 0.1 (0.1) a 0.1 (0.0) a
Hydropsychidae 0.2 (0.0) a 0.2 (0.1) a 0.2 (0.1) ab 0.1 (0.0) b 0.3 (0.1) a 0.1 (0.1) b 0.1 (0.1) a 0.1 (0.0) b
Heptageniidae 0.2 (0.0) a 0.2 (0.0) b 0.2 (0.1) b 0.1 (0.0) c 0.4 (0.1) a 0.3 (0.1) a 0.1 (0.1) a 0.1 (0.0) b
Simpson 0.2 (0.0) a 0.2 (0.0) a 0.2 (0.0) a 0.1 (0.0) a 0.2 (0.0) a 0.2 (0.0) a 0.1 (0.0) a 0.1 (0.0) b
Shannon 0.2 (0.0) a 0.2 (0.0) a 0.2 (0.0) b 0.2 (0.0) b 0.3 (0.0) a 0.3 (0.0) 0.1 (0.0) 0.1 (0.0)
Evenness 0.2 (0.0) a 0.2 (0.0) a 0.2 (0.0) ab 0.2 (0.0) b 0.3 (0.0) a 0.3 (0.1) a 0.1 (0.0) a 0.1 (0.0) b
Filterer 0.3 (0.1) a 0.5 (0.1) a 0.2 (0.1) b 0.2 (0.1) b 0.8 (0.2) a 0.5 (0.2) a 0.1 (0.2) a 0.1 (0.0) b
Gatherer 1.3 (0.2) a 1.2 (0.2) a 0.7 (0.1) b 1.5 (0.3) a 1.5 (0.3) a 1.4 (0.2) a 0.6 (0.3) a 0.6 (0.1) b
Collector 1.6 (0.2) a 1.7 (0.3) a 0.9 (0.1) b 1.7 (0.3) ab 2.3 (0.4) a 1.8 (0.3) a 0.7 (0.4) a 0.7 (0.1) b
Grazer 0.3 (0.1) a 0.4 (0.1) a 0.3 (0.1) b 0.1 (0.0) c 0.6 (0.1) a 0.4 (0.1) a 0.3 (0.1) a 0.3 (0.1) a
Total 1.9 (0.3) a 2.0 (0.3) a 1.2 (0.2) b 1.9 (0.3) b 2.9 (0.4) a 2.3 (0.3) a 1.0 (0.4) a 1.0 (0.1) b
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Figure 2. Interactions between riparian vegetation and season influences (a) abundance of Elmidae;
(b) Shannon index of diversity; and (c) abundance of scrapers, sampled via kick nets, 2009–2010; and
(d) Heptageniidae and (e) collector-gatherers, sampled via Hester-Dendy, fall 2009–summer 2010, from
streams dominated by deciduous (�) and eastern hemlock (�) riparian vegetation.

The interacting effects of vegetation and location influenced the abundance of several taxa
collected via kick net and Surbers, including the Chironomidae, Heptageniidae, Elmidae, Psephenidae,
and Uenoidae (Table S1). This interaction was detected in grazers and total collectors (gatherers and
filterers combined); in general these groups were more abundant in deciduous streams at Red River
Gorge. The Chironomidae are an exception; the greatest abundance of chironomids was found at
Robinson Forest in deciduous streams (Table 2).

2.3. Multivariate Ordination

The multivariate ordination indicated that headwater stream benthic invertebrate functional
feeding group abundance was influenced by riparian vegetation and stream chemistry. The Monte
Carlo test was significant (p < 0.05) for each ordination axis when all environmental variables (see
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Table S2) were incorporated into the CCA (Table 3), indicating linear relationships between feeding
groups and the environmental data for each ordination axis [38].

Table 3. Canonical correspondence analysis of benthic invertebrates collected via kick net
and environmental parameters from streams dominated by eastern hemlock and deciduous
riparian vegetation.

Ordination Axis

1 2 3

Monte Carlo Test—Taxa-Environment
Correlations p = 0.04 p = 0.02 p = 0.02

Eigenvalues 0.018 0.014 0.006
Pearson species-environment
correlations 0.392 0.318 0.305

Cumulative percentage of variance of
species data 4.6 8.2 9.8

Intraset correlation for environmental variables

Understory eastern hemlock stems 0.522 −0.122 −0.22
Understory deciduous stems 0.212 0.336 −0.233
Overstory eastern hemlock stems 0.005 −0.079 0.257
Overstory deciduous stems 0.058 −0.241 0.035
Sulfate 0.276 −0.812 −0.192
Nitrate −0.513 −0.174 −0.334
Ammonia −0.123 −0.067 0.351
Total Phosphorus −0.023 −0.026 −0.292
Total Carbon −0.214 0.113 0.142
Dissolved Organic Carbon −0.068 0.197 0.121
pH 0.136 −0.072 0.222
Dissolved Oxygen 0.224 −0.086 0.141
Conductivity 0.147 −0.299 0.152

Functional feeding group weights

Shredder 0.241 0.04 0.283
Scraper −0.185 0.499 −0.258
Collector-Gatherer 0.484 −0.147 −0.092
Collector-Filterer −0.272 0.194 0.648
Predator −0.447 −0.475 −0.11

The CCA ordination accounted for 9.8% of the overall variation within the data (Table 3). The first
ordination axis accounted for 4.6% of the variance; this axis was most strongly linked to understory
hemlock stem count, and negatively associated with stream nitrate concentrations (Table 3, Figure 3).
Collector-gatherers and shredders were positively associated with axis 1, while there was a negative
association for scrapers, collector-filterers, and predators (Table 3). The second ordination axis
accounted for 3.6% of the overall variation. The strongest positive association with this axis was
understory deciduous stems, and sulfate concentrations generated the strongest negative association
(Table 3, Figure 3a). Scrapers had the strongest positive association to this ordination axis, and
predators, followed by collector-gatherers, had the strongest negative association (Table 3). Finally,
1.6% of the overall variation was accounted for by the third ordination axis. The environmental
variable most strongly tied to this axis was stream ammonia concentrations (Table 3, Figure 3b).
Positive associations with axis 3 were found for shredders and collector-filterers, while scrapers,
collector-filterers, and predators were negatively associated (Table 3).
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Figure 3. Canonical correspondence analysis showing (a) ordination axis 1 and 2; and (b) ordination
axis 1 and 3 for benthic invertebrate functional feeding groups collected from headwater streams with
riparian zones dominated by eastern hemlock and deciduous trees at the Robinson Forest site in 2010.

3. Discussion

We sought to understand the extent to which eastern hemlock riparian vegetation influences
benthic invertebrate community composition in headwater streams. To this end we compared benthic
collector and grazer community parameters in streams with eastern hemlock dominated riparian
vegetation to those same parameters in streams with deciduous dominated riparian vegetation to
evaluate the extent to which adelgid-induced hemlock loss could influence composition and abundance
of these two functional feeding groups. This comparative approach has been used extensively to
characterize the influence of eastern hemlock in structuring forest communities [1,3,15,16,20,38–40].

Eastern hemlock is prevalent in headwater riparian zones of central and southern Appalachia,
and while there was some eastern hemlock present in our streams classified as deciduous dominated,
eastern hemlock stem density was greater in streams that were categorized as eastern hemlock. We
found distinct differences in associated benthic invertebrate communities throughout the year. We
found only minor differences in stream chemistry between the two stream types ([41] and Table S2),
corroborating studies that found similarities in temperature, discharge, pH, or nitrate between eastern
hemlock and deciduous dominated streams [1,42]. The water chemistry parameters for our study
streams approximate those reported in undisturbed Appalachian streams [43], and these streams are
considered high quality via the Hilsenhoff Family Index of Biotic Integrity [42,44,45].

Riparian vegetation alone did not affect any measure of benthic collector or grazer evenness or
family level diversity, in contrast to similar studies in the Northeastern US [1,15]. Snyder et al. [1]
found that eastern hemlock headwater streams had greater invertebrate diversity (via Simpson’s Index)
than did streams with deciduous dominated riparian vegetation, whereas Willacker et al. [15] found
greater richness, more unique taxa, and more overall taxa in deciduous dominated streams relative
to hemlock dominated streams, but also found higher collector-gatherers in hemlock-dominated
streams. Benthic invertebrate abundance and richness is likely linked to both litter quality and
seasonal availability. We found that collector-gatherers and grazers were more abundant in eastern
hemlock streams in the summer, a time of year when hemlock litter is readily available and deciduous
tree litter is relatively sparse. Eastern hemlock litter enters streams more consistently, though in
smaller amounts, than does litter from deciduous trees [16]. Conifer litter is considered low quality;
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hemlock litter is low in nitrogen [11] with low rates of microbial conditioning [46]. Shredders also
comprise a sizeable portion of the benthic invertebrate communities in these streams, and show
seasonal fluctuations in abundance that reflects seasonal fluctuations in hemlock litter inputs [16].
The consistent input and slow rate of microbial conditioning of eastern hemlock results in a constant
and available resource for shredders, which generate FPOM through their feeding activities, thereby
providing abundant resources that facilitate growth and development of collector-gatherers during
summer months [31,47–50]. Shredder-collector-grazer processing chains have been demonstrated
experimentally [49,51–53], and suggest that changes in leaf-litter contributions to streams can alter the
abundance of benthic functional feeding groups [24], with repercussions for stream and riparian food
webs and energy flow [54–57].

Our multivariate analysis provides insights into environmental factors that contribute to the
observed patterns in invertebrate functional feeding group communities. The CCA explains 9.8%
of the overall variation within our data, typical of the <10% variation commonly accounted for
in ecological data using this approach [58]. Our CCA corroborates the significant findings of the
generalized linear mixed model for functional feeding groups, and demonstrates that shredders and
collector-gatherers are positively associated with understory eastern hemlock stem density, which
occurs at greater densities in streams classified as eastern hemlock dominated [16,41]. Riparian eastern
hemlock appears to exert considerable influence on benthic invertebrate functional feeding group
composition in headwater stream communities, as expected with a foundation species. With the loss
of eastern hemlock due to adelgid-induced mortality, we should expect to see alterations in spatial and
temporal patterns of benthic invertebrate abundance and diversity.

4. Materials and Methods

4.1. Study Sites

Three protected areas in the Cumberland Plateau physiographic province of eastern Kentucky
were selected (Figure 1). This region contains steep, mountainous terrain with underlying shale and
sandstone and abundant coal seams [59]. The Red River Gorge Geological Area and Natural Bridge
State Park State Nature Preserve is located in the Northern Forested Plateau Escarpment ecoregion.
Robinson Forest is situated in the Dissected Appalachian Plateau ecoregion, and Kentucky Ridge
State Forest is located further south in the Cumberland Mountain Thrust Block ecoregion [60]. Yearly
precipitation ranges from 106 to 139 cm, and temperatures can range from −6.2 to 8.3 ◦C in January
and from 16.6 to 31.6 ◦C in July [60]. Elevation ranges from 167 to 1261 m throughout this area of the
state [60]. The dominant vegetation type is mixed mesophytic forest [61,62] and eastern hemlock is
found throughout [63].

Candidate streams were selected using GIS and remote sensing [42], and the presence of riparian
eastern hemlock was determined using the vegetation database from the Kentucky GAP Analysis [64].
Boundaries of drainage basins were determined using surface hydrology modeling of 30 m resolution
digital elevation models from the Kentucky Office of Geographic Information. Drainage basin areas
were extracted from digital elevation models using the Hydrology toolkit of ArcGIS [65]. Streams with
similar drainage areas and suitable eastern hemlock in the riparian zone were visited and evaluated
for suitability. Ultimately, three streams with riparian zones dominated by eastern hemlock and three
streams with deciduous dominated riparian zones were selected at each of the three sites for a total
of eighteen streams. A 30 m reach was designated in each stream at least 150 m upstream of the
confluence for vegetation and stream characterization and benthic invertebrate sampling [16].

We assessed vegetative composition and structure using two 0.04-ha fixed-radius whole plots
randomly placed in accessible areas within each stream’s riparian zone, one on each side of the
stream [16,41]. Ten subplots, five 0.004-ha and five 0.0004-ha, were nested within each whole plot to
enhance precision of the vegetation assessments. Whole plots were utilized to assess overstory and
midstory vegetation, 0.004-ha subplots were used to assess saplings and shrubs (>137 cm height),
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and 0.0004-ha micro plots were used to assess seedlings, shrubs (<137 cm height), and vines. One of
each subplot was positioned at the whole plot center and in each cardinal direction, 7.7 m from the
plot center. Each surveyed reach contained two 0.04-ha whole plots, ten 0.004-ha subplots, and ten
0.0004-ha microplots [66]. Measurements of vegetation and plot data followed the Common Stand
Exam protocol of the USDA Forest Service’s Natural Resource Information System: Field Sampled
Vegetation Module [67].

Watershed areas for the 18 streams were compared between dominant riparian vegetation type
and across study locations using analysis of variance with a Tukey adjustment (PROC GLM, SAS
Software v9.3). The number of stems and basal area of eastern hemlock and the six most commonly
encountered overstory deciduous trees were calculated from riparian vegetation assessments and
compared between eastern hemlock dominated and deciduous dominated riparian zones using the
Kruskal-Wallis non-parametric procedure (PROC NPAR1WAY). High, median, and low temperature
readings from each sample date were analyzed using analysis of variance between dominant riparian
vegetation type and across locations. Comparison of least squares means was used as a post-hoc means
separation procedure when appropriate. All analyses were performed using SAS v9.3 [68].

4.2. Benthic Invertebrate Collectors and Grazers

Three cross-stream transects were established across three riffles within each 30 m reach, and
benthic invertebrates were sampled at 30 d intervals using a standard kick net (30 cm wide by 17
cm tall) with a 30-second kick interval and a 0.25 m2 Surber sampler. Each of the three riffles per
stream reach were sampled for a total six samples per stream (n = 54 for each sampling method).
Artificial substrates (Hester-Dendy samplers, Forestry Suppliers; Jackson, MS, USA) consisting of five
2.5 × 5 cm2 plates were used to passively monitor colonization by invertebrates; one sampler was
deployed at each end of the designated 30 m reach (two per stream, n = 18 per riparian vegetation
type). The use of multiple collection approaches allowed us to sample benthic invertebrates that utilize
different microhabitats within the lotic environment, to provide a more complete picture of the benthic
collector and grazer communities. Benthic invertebrate samples were preserved in the field using 70%
ETOH and identified in the laboratory to the order or family level [69]. Each individual specimen was
then assigned to a functional feeding group based on the most common feeding mode in each family
(collector-gatherer, collector-filterer, grazer, shredder, or predator) [69]. Monthly sampling began in
September 2008 and concluded in September 2010.

Three sampling intervals that represent spring, summer, and fall across two years were used to
assess the influence of riparian eastern hemlock on benthic collectors and grazers from kick net and
Hester-Dendy samples (see Supplemental Materials). Only one year’s data are available for the Surber
sampler, and only one set of fall data are available for the Hester-Dendy samples due to low stream flow.
Shannon’s and Simpson’s diversity indices were calculated based on family level identifications [41].
Invertebrate abundances across the three sampling methods were calculated and compared by riparian
vegetation type, study location, and season using a generalized linear mixed model with a split-plot
design. Tukey’s HSD (α = 0.1) was used as a post hoc means separation procedure when appropriate.
Only those taxa with abundances greater than 50 were considered for the analysis.

4.3. Multivariate Ordination

The influence of riparian overstory and understory vegetation and stream chemistry
characteristics on benthic macroinvertebrate abundance was evaluated using canonical correspondence
analysis (CCA), which allowed us to explore arthropod associations along environmental gradients [70]
to provide insight as to which stream characteristics most influence benthic collector and grazer
populations. CCA is widely used by ecologists to explore and relate patterns of taxa distribution
or abundance to environmental variables [38,58,70,71]. This approach provides an indication of
which of the environmental variables included in an analysis are important in structuring community
composition [38,58]. Only invertebrates from the upstream and downstream-most sample riffles
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were used for this analysis, as they corresponded with the upstream and downstream vegetation
assessment plots; the midstream riffle was disregarded. In streams with riparian zones classified
as either hemlock or deciduous, we compared invertebrate abundance to overstory and understory
eastern hemlock and deciduous stem counts, and incorporated stream physical and chemical variables
including concentrations of sulfate, nitrate, ammonia, total phosphorus, calcium and magnesium ions,
and dissolved oxygen, pH, and conductivity [42]. A Monte Carlo permutation with 300 iterations was
used to evaluate the influence of random events on the relationship between environmental variables
and taxa abundance [72]. This procedure was performed solely on the kick net dataset as it was the
most robust.

Significant Monte Carlo tests (p < 0.1) indicate the formation of linear combinations of
environmental variables that maximally separate the niches of the taxa that are present [58] between
benthic invertebrate functional feeding groups and riparian vegetation for the ordination axes [38]. We
present the strongest intraset correlation values, which indicate the environmental variables with the
greatest correlation to functional feeding group abundances [71]. Weights demonstrate the association
of invertebrate taxa with the ordination axes, and eigenvalues explain variance extracted in relation
to environmental variables. We used biplots to present relationships of functional feeding groups to
riparian vegetation [38,71,73]. Environmental gradients include stem density of riparian hemlocks or
deciduous trees and stream chemical parameters, and are characterized as lines radiating from the
center of the plot, the length and direction of which relate to the strength of the relationships between
environmental variables [70].

5. Conclusions

We compared the spatial and temporal composition of benthic collector-gatherers,
collector-filterers, and grazers in headwater streams with hemlock dominated riparian vegetation to
those with deciduous riparian vegetation to evaluate the extent to which adelgid-induced hemlock
loss could influence composition and abundance of these two functional feeding groups. Consistent
with expectations, we found elevated family level diversity and abundance of collector-gatherers in
Hester-Dendy samples from hemlock streams collected in summer, potentially attributable to the
steady input of hemlock litter providing food resources for benthic shredders [16], which then create
FPOM for use by collector-gathers [31]. Contrary to expectations we also found increased abundance of
grazing heptageniids in hemlock streams during summer sampling; we had expected grazer abundance
to be higher in deciduous streams during spring, before canopy formation impeded algal growth.
Riparian vegetation provides linkages between streams, influences headwater stream conditions,
serves to support food webs, and affects community structure of downstream habitats [32,46,47,50,51].
Changes in headwater benthic invertebrate communities should be expected as hemlock woolly
adelgid continues to invade the range of eastern hemlock in North America.
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Abstract: Eastern hemlock (Tsuga canadensis) is a foundation species in eastern North American
forests. Because eastern hemlock is a foundation species, it often is assumed that the diversity
of associated species is high. However, the herbaceous layer of eastern hemlock stands generally
is sparse, species-poor, and lacks unique species or floristic assemblages. The rapidly spreading,
nonnative hemlock woolly adelgid (Adelges tusgae) is causing widespread death of eastern hemlock.
Loss of individual hemlock trees or whole stands rapidly leads to increases in species richness
and cover of shrubs, herbs, graminoids, ferns, and fern-allies. Naively, one could conclude
that the loss of eastern hemlock has a net positive effect on biodiversity. What is lost besides
hemlock, however, is landscape-scale variability in the structure and composition of the herbaceous
layer. In the Harvard Forest Hemlock Removal Experiment, removal of hemlock by either
girdling (simulating adelgid infestation) or logging led to a proliferation of early-successional and
disturbance-dependent understory species. In other declining hemlock stands, nonnative plant
species expand and homogenize the flora. While local richness increases in former eastern hemlock
stands, between-site and regional species diversity will be further diminished as this iconic foundation
species of eastern North America succumbs to hemlock woolly adelgid.

Keywords: Adelges tsugae; flora; Harvard Forest; herbaceous layer; species diversity; species richness;
Tsuga canadensis; understory

1. Introduction

Foundation species (sensu [1,2]) create and define ecological communities and ecosystems.
In general, foundation species are found at the base of food webs [3] and exert bottom-up control on the
distribution and abundance of associated biota [4]. Characteristics of foundation species include those
of core species [5], dominant species [6], structural species [7], and autogenic ecosystem engineers [8],
but none of the latter possesses all of the characteristics of a foundation species [2]. Because of these
characteristics, the loss of a foundation species from an ecosystem can have dramatic, cascading effects
on other species in the system; on ecosystem stability, resilience, and functioning; and can change our
perception of the landscape itself [2].

There is no explicit or implicit magnitude or directionality of the effect of a foundation species
on the ecosystem it creates. For example, assemblages of forest understory species in a system
dominated by the foundation species Agathis australis (D.Don) Lindl. Ex Loudon (Auricariaceae; a.k.a.
New Zealand kauri) are different from, but neither more nor less speciose, than forest understory
assemblages in systems dominated by other conifers [9]. Alternatively, richness of associated species in
an ecosystem defined by a particular foundation species can be greater or less than that of other
ecosystems, and the loss of the foundation species could lead either to increased or decreased
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species richness of the entire associated assemblage [3]. Such variable effects have been found
for alpine cushion plants, which have higher alpha (within-cushion) diversity than adjacent, open
microhabitats [10–12] but lower beta (between-cushion) diversity [13]. These contrasting effects are
thought to arise from creation of “safe sites” for stress-intolerant plants through the local amelioration
of stress by cushion plants that simultaneously lead to more homogeneous assemblages on them [13]. In
contrast, some perennial kelp species that create complex habitats and provide structure for associated
epiphytes have locally negative effects on biodiversity in high stress environments, locally positive
effects on biodiversity in less stressful environments, and overall negative effects on biodiversity at
larger spatial scales [14].

Eastern hemlock (Tsuga canadensis (L.) Càrr.; Pinaceae) is a foundation species of eastern North American
forests [2]. The herbaceous understory flora (sensu [15]) of hemlock forests is usually thought of as
species poor [16–18], but this perception may be due to the much lower understory species richness in
the more common second-growth hemlock forests relative to the higher-diversity understory of rare
old-growth hemlock forests [19]. However, second-growth hemlock forests dominate the range of the
species [20], and the foundation species in these forests is declining and dying rapidly as trees are
infested and killed by the nonnative hemlock woolly adelgid (Adelges tsugae Annand) [20–22].

In this paper, we describe the effects of loss of eastern hemlock on the local and regional species
richness and diversity of the associated forest understory flora. We focus on changes in understory
species richness and diversity following experimental removal of the hemlock canopy in central
Massachusetts, but place the work in the context of the broad geographic range of eastern hemlock in
eastern North America. The impetus for this work came from two directions. First, we were interested
in determining whether any rare plant species occur only in the understory of eastern hemlocks or
if the loss of eastern hemlock resulted in new habitats for other rare plant species. Second, many of
our students and colleagues seeing eastern hemlock forests for the first time are surprised by their
species-poor understory. Their implicit expectation is that systems structured by foundation species
should be more diverse than systems not structured by foundation species. Thus, we also aim here
to provide a more nuanced picture of the interplay between a widespread foundation species and
associated diversity at the local and landscape scales.

2. Materials and Methods

2.1. Eastern Hemlock

Tsuga canadensis (eastern hemlock; Pinaceae) is an abundant and widespread late-successional
coniferous tree. It grows throughout eastern North America from Georgia north into southern Canada
and west into Michigan and Wisconsin [17,20]. In forest stands of the cove forests in the southern
part of its range, in mixed forests of New England and southern Canada, and along riparian corridors
throughout its >10,000 km2 range, eastern hemlock can account for >50% of the total basal area [17,23];
see [2,24–26] for detailed discussions of the foundational role of eastern hemlock in stands where it is
the dominant species. The forest floor beneath the eastern hemlock canopy is cool and dark [16,27], and
the slowly decomposing hemlock needles give rise to a deep organic layer, which is very acidic and
low in nutrients [28]. Unique faunal assemblages, including groups of birds [29], arthropods [30–32],
and salamanders [33] live in eastern hemlock stands. Fungal diversity in eastern hemlock stands rarely
have been studied, but in general is at best equal to, and generally lower than, that in deciduous
forests [34–36]. Similarly, both plant diversity and abundance of the species in the herbaceous layer of
hemlock understories are low. However, the seed bank and the few established seedlings and saplings
respond rapidly to loss of eastern hemlock from disturbances ranging from individual tree falls to
wholesale death or removal of entire stands [16,18,25,37–39].
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2.2. The Harvard Forest Hemlock Removal Experiment

As part of a long-term, multi-hectare experiment aimed at identifying the effect of loss of eastern
hemlock [24], we have documented the response of the herbaceous layer to two different mechanisms
of hemlock loss. This Harvard Forest Hemlock Removal Experiment (HF-HeRE) is described in detail
in [24]; key details are reiterated here.

HF-HeRE is located in the «150-ha Simes Tract (42.47˝–42.48˝ N, 72.22˝–72.21˝ W; 215–300 m
above sea level) at the Harvard Forest Long Term Ecological Research Site in Petersham, Massachusetts
(complete site description is in [40]). The experiment consists of two blocks, each of which has four «
90 ˆ 90-m («0.81-ha) plots. The treatments applied to each plot include: girdling all eastern hemlock
individuals (from seedlings to mature trees) to simulate the progressive death-in-place of trees caused
by the hemlock woolly adelgid; logging all eastern hemlock individuals ě20 cm diameter at breast
height (DBH, measured 1.3 m above ground), along with some additional merchantable cordwood
(black birch: Betula lenta L.; red maple: Acer rubrum L.) and sawtimber (red oak: Quercus rubra L.; white
pine: Pinus strobus L.), to simulate a typically intensive level of pre-emptive salvage harvesting; and
unmanipulated hemlock controls. Each block also includes a hardwood control dominated by black
birch (Betula lenta L.) and red maple (Acer rubrum L.) that represents the young stands expected to
replace eastern hemlock as it is lost from the forests of northeastern North America [41].

When HF-HeRE was established in 2003, the hemlock woolly adelgid had not yet colonized the
forest interior at Harvard Forest. As we expected it to eventually colonize our hemlock control plots,
HF-HeRE was designed explicitly to contrast the effects on these forests from physically disintegrating
trees (resulting from girding them) with removal of them from the site (following logging). Since the
adelgid colonized the hemlock controls—which occurred in 2009 and 2010—we have been able to
contrast the effects of physical disintegration of eastern hemlock (in the girdled plots) with the effects
of the adelgid (in the hemlock control plots), which includes not only physical disintegration but also
changes caused by the adelgid directly, including, e.g., nitrogen inputs [42,43].

2.3. The Herbaceous Layer

In 2003, prior to canopy manipulations, we established two transects running through the central
30 ˆ 30 m of each canopy manipulation plot and the associated hemlock and hardwood control plots
to quantify understory richness, cover, and density. Five 1-m2 subplots were spaced evenly along each
transect and have been sampled annually since 2003. In each subplot, percent cover of herbs, shrubs,
ferns and grasses was estimated to the nearest one percent. Grasses and sedges were identified only to
genus as most lacked flowers or fruits necessary for accurate species-level identification. Each year,
we also noted all understory species occurring in the entire central 30 ˆ 30-m area of each plot; these
incidence-level data encompass not only relatively common species enumerated along our sample
transects but also the more uncommon species. Nomenclature follows [44]. Data reported herein were
collected at HF-HeRE from 2003 through 2014.

We estimated species diversity in the different treatments from the incidence data (i.e.,
presence-absence data in the entire 30 ˆ 30-m central area of each plot) using Hill numbers [45];
comparisons among plots used previously published methods [46,47]. Changes in similarity and
composition of herbaceous assemblages were examined using principal components analysis on
centered and standardized percent cover data (collected along the two transects within each plot). All
analyses were done using the R statistical software system [48], version 3.2.2 and routines within the
SpadeR package [49] for diversity calculations, prcomp within the stats library for principal components
analysis; and aov and TukeyHSD within the stats library for repeated-measures (random-effects)
analysis of variance. Data and code are available from the Harvard Forest Data Archive, dataset
HF106 [50].
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3. Results and Discussion

3.1. The Response of the Herbaceous Layer to Experimental Removal of Eastern Hemlock

In total and across all years, we found 73 shrub, herb, graminoid, and fern/fern-ally species
growing in the eight experimental plots (complete list of species is in [50]). Observed species richness
in the herbaceous layer (pooled across all years) was highest in the girdled and hardwood control plots,
and lowest in the hemlock control plots (Table 1). Estimated diversity (as Hill numbers of richness,
Shannon diversity, and Simpson’s diversity) was significantly lower in the hemlock controls than in
the other three canopy-manipulation treatments (Table 1). Mean pairwise similarity between canopy
manipulation treatments of the herbaceous layer averaged 0.55 (Figure 1). The herbaceous layers of the
girdled and logged treatments were most similar (Jost’s D = 0.824), whereas, they were the least similar
between the hemlock control and the logged plots (D = 0.383). Although the number of shared species
(bracketed numbers in Figure 1) varied four-fold among pairs of treatments, pairwise similarities were
related neither to the total number of understory species (Table 1) nor to the numbers of shared species
(Figure 1).

Table 1. Species richness (all years pooled) in the Harvard Forest Hemlock Removal Experiment. Values
given are number of incidences (occurrences of species in both plots of each canopy manipulation
treatment), number of species observed (Sobs), and estimated Hill numbers (95% confidence intervals)
for species richness (0q), Shannon diversity (1q), and Simpson’s diversity (2q).

Incidences Sobs
0q 1q 2q

Hemlock control 188 18 19.9 (16.9, 23.0) 15.9 (14.8, 17.1) 14.9 (13.4, 16.8)
Girdled 388 53 54.2 (45.0, 63.5) 42.8 (39.5, 46.0) 36.7 (33.3, 40.0)
Logged 305 38 50.2 (17.7, 82.8) 30.4 (27.2, 33.5) 25.9 (23.1, 28.7)

Hardwood control 616 51 52.6 (40.0, 65.2) 41.1 (39.1, 43.1) 37.2 (35.0, 39.4)
All treatments pooled 1497 73 73.5 (73.0, 81.4) 53.8 (50.2, 54.9) 43.2 (39.3, 44.6)

Figure 1. Pairwise similarities in understory species composition (with 95% confidence intervals)
between the canopy manipulation treatments in the Harvard Forest Hemlock Removal Experiment.
Abbreviations for treatments are: Hem—Hemlock controls; Gird—Hemlocks girdled; Log—Hemlocks
cut and removed; Hard—Hardwood controls. Numbers in brackets are the total number of shared
species for each pairwise comparison, and the grey dashed line is the average overall pairwise similarity.
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The vegetation composition in the herbaceous layer varied substantially among the four canopy
manipulation treatments and through time (Figure 2). The first three principal axes accounted for 50%
of the variance in vegetation composition, and visual examination of the scree plot suggested that
subsequent axes were uninformative. Of the 49 shrub, herb, graminoid, fern, and fern-ally species
identified in the sampled transects across all plots, only 18 loaded heavily on the first three principal
axes (absolute value of their loading ě0.25), and these “important” taxa segregated cleanly among
them (Table 2). In Figure 2, principal axis 1 emphasizes understory herbs that are common in all plots,
including hemlock-dominated ones, whereas principal axes 2 and 3 have taxa that are more common
in early- to mid-successional mixed forests stands (e.g., Epigaea repens, Rhododendron periclymenoides,
Dyropteris carthusiana, and Carex spp.) or commonly recruit after disturbance (such as the two Rubus
species, Panicum sp., and the nonnative Berberis thunbergii) (Table 2). No state-listed rare, threatened,
or endangered taxa were found in any of the plots.

Figure 2. Temporal trajectories of understory vegetation composition in principal components space in
the Harvard Forest Hemlock Removal Experiment. Each point represents the vegetation composition
in a given year, and the line traces the trajectory through time from before canopy manipulations
(2003–2004: red points), after manipulations but prior to adelgid colonization of the plots (2005–2009:
green points), and after the adelgid had colonized the plots (2010–2014: blue points). In four of the
panels (PC1 vs. PC2 for the girdled plots, and all three panels for the logged plots), the 2003–2004
vegetation composition was not distinguishable from the 2005 data and so the red symbols are
not visible.
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Table 2. Loadings of species on each of the three principal components axes illustrated in Figure 2.
Only species for which the absolute value of the loading ě0.25 are shown.

Species PC-1 PC-2 PC-3

Aralia nudicaulis L. ´0.26
Dendrolycopodium obscurum (L). A. Haines ´0.26

Lysimachia borealis (Raf.) U. Manns & A. Anderb. ´0.25
Berberis thunbergii DC. 0.36

Lonicera canadensis Bartr. Ex Marsh. 0.36
Dryopteris carthusiana (Vill.) H.P. Fuchs 0.32

Ilex verticillata (L.) Gray 0.32
Osmundastrum cinnamomeum (L.) C. Presl 0.31

Epigaea repens L. 0.31
Viburnum acerifolium L. 0.31

Rhododendron periclymenoides (Michx.) Shinners 0.26
Lysimachia quadrifolia L. 0.38

Carex sp. 0.34
Rubusallegheniensis Porter 0.31

Araliahispida Veng. 0.30
Rubusidaeus L. 0.28

Carex cf. pennsylvanica Lam. 0.28
Panicum sp. 0.27

The overall impression from Figure 2 is that the understory of the hemlock control plots has been
relatively stable through time, a result that is attributable primarily to its low species richness and
the sparseness of what is there. We expect this to change as the overstory declines in coming years.
The young hardwood control stands, in contrast, exhibit more temporal changes, both because the
understory has more species and more cover to begin with, and because of the interaction of canopy
closure as the trees grow and new gap creation from treefalls.

Repeated-measures analysis of variance (with pre-manipulation, post-manipulation/pre-adelgid
infestation, and post-adelgid as the repeating groups or “temporal strata”) revealed that principal
axis 1 scores differed among the canopy manipulation treatments (Table 3). The first principal
axis scores of the hardwood controls were significantly lower (p ď 0.05, all pairwise comparisons
using Tukey’s HSD test) than the other three canopy manipulation treatments (Hemlock Control
= Girdled = Logged < Hardwood Control) and these comparisons did not change after treatments
were applied or the adelgid colonized the plot (Table 3). In contrast, principal axis 2 scores were
significantly different for all four canopy manipulation treatments (Girdled > Hardwood Control
> Hemlock Control = Logged), and differed significantly after the adelgid had colonized the plots
relative to the preceding 7 years (Pre-treatment = Post-treatment/pre-adelgid < Post-adelgid).
Finally, there were significant differences among canopy manipulation treatments for principal axis 3
(Logged > Hardwood Control > Girdled = Hemlock Control). The differences in PC-2 and PC-3
between canopy manipulation treatments were most dramatic in pairwise comparisons between
treatments after the adelgid had colonized the plots relative to the previous two temporal strata
(Figures 3 and 4; nested terms in Table 3).

These experimental results support earlier results that showed a rapid increase in seedling
germination [38,39], density [18,25] and diversity [18,25,37] as hemlock dies and light levels at the
forest floor increase [27]. Unexpectedly, however, the composition of the herbaceous layer shifted
further after the adelgid colonized the plots, albeit unevenly across treatments (i.e., the significant
term representing canopy manipulation treatment nested within temporal stratum). The difference
in interaction terms observed in PC-2 (Figure 3) most likely reflects a rapid decline in light levels of
the understory in the girdled plots as birch saplings are growing exponentially [25]. This growth is
occurring concomitantly with adelgid infestation in the hemlock controls. Although we have observed
steady increases in light in the hemlock control plots as the adelgid increased in abundance [51],
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this is not yet strongly affecting understory vegetation in the hemlock controls. We expect that in
coming years, additional nonlinear changes in soil N in the hemlock control plots as a function of
the adelgid, as suggested by [42,43] and observed by [51] may affect understory composition. Soil
N initially increases because carbon sloughing off from the waxy coating of the adelgid provides
additional energy for microbial N immobilization of the relatively N-rich needles of infested trees [42].
Consequently, Nitrogen fluxes initially decrease with infestation, but later rise as hemlock declines
and is replaced by deciduous trees, whose litter has a higher percentage of N [42]. The differences
in interaction terms for PC-3 (Figure 4) suggest increased rate of succession following logging, as
the small hemlocks that were not removed during the logging operation have not yet succumbed to
the adelgid.

Table 3. Results of repeated-measures ANOVA on the first three principal axis scores of vegetation
composition in the Harvard Forest Hemlock Removal Experiment. Factors include three temporal
strata (pre-manipulation (2003–2004); post-manipulation but prior to adelgid colonization (2005–2009);
and after the adelgid had colonized the plots (2010–2014)) and four canopy manipulation treatments
(hemlock control, girdled, logged, and hardwood control). To account for the repeated measures,
canopy manipulation treatments are nested within temporal strata.

Response Factor df MS F P

PC-1 Temporal stratum 2 1.05 1.21 0.31
Treatment 3 196.21 226.23 <0.001

Treatment within stratum 6 0.76 0.88 0.52
Residual 36 0.87

PC-2 Temporal stratum 2 22.95 21.68 <0.001
Treatment 3 33.31 31.47 <0.001

Treatment within stratum 6 14.87 14.05 <0.001
Residual 36 1.06

PC-3 Temporal stratum 2 3.40 2.53 0.09
Treatment 3 44.97 33.44 <0.001

Treatment within stratum 6 10.66 7.93 <0.001
Residual 36 1.34

Figure 3. Post-hoc, pair-wise comparisons (Tukey’s Honest Significant Difference Test) of the response
(principal axis 2) to canopy manipulation treatments (hemlock control, girdled, logged, and hardwood
control) repeated within temporal strata (pre-manipulation (2003–2004); post-manipulation but prior to
adelgid colonization (2005–2009); and after the adelgid had colonized the plots (2010–2014)). For each
pair-wise comparison, differences between PC-2 of a given row and PC-2 of a given column are
significantly greater than (magenta) or less than (blue) zero (p ď 0.05).
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Figure 4. Post-hoc, pair-wise comparisons (Tukey’s Honest Significant Difference Test) of the response
(principal axis 3) to canopy manipulation treatments (hemlock control, girdled, logged, and hardwood
control) repeated within temporal strata (pre-manipulation (2003–2004); post-manipulation but prior to
adelgid colonization (2005–2009); and after the adelgid had colonized the plots (2010–2014)). For each
pair-wise comparison, differences between PC-3 of a given row and PC-3 of a given column are
significantly greater than (magenta) or less than (blue) zero (p ď 0.05).

3.2. The Herbaceous Layer in Other Eastern Hemlock Stands

Substantial differences in the herbaceous flora of eastern hemlock stands relative to nearby
stands dominated by other conifers or mixed hardwood have been documented repeatedly [16–19,52–54].
In Indiana, Daubenmire placed 25 1-m2 quadrats in hemlock forest and found only one species of herb
(Monotropa uniflora L.), no shrubs, and three trees [16]. In nearby beech-maple forests, however, he
found 14 species of herbs, four shrubs, and seven trees. He also noted that Monotropa growing in the
forest understory “was as dominant in the Hemlock as Sugar Maple was in the Beech-Maple” [16].
Likewise, under hemlocks growing in southeast Ohio, the ground-layer was >80% bare ground, and
herbaceous species richness was correspondingly low [54].

Although the herbaceous flora in hemlock stands of southeast North America is much richer than
that in the northeastern part of hemlock’s range, it also is species poor relative to nearby hardwood
stands. Unlike in the northeast, however, the herbaceous layer of southeast hemlock forests has
been found repeatedly to be distinctive [52,53,55]. In the southeast, Rhododendron maximum L. can
grow in dense thickets, and the shrub Leucothoe fontanesiana (Steud.) Sleumer, the ground-creeping
Mitchella repens L. and the herb Hexastylis shuttleworthii (Britten and Baker f.) Small are predictably
associated with hemlock stands [17,20].

Prior to the arrival in the 1980s of the hemlock woolly adelgid in northeast North America [21],
intact hemlock stands from Wisconsin (USA) to Nova Scotia (Canada) had an average percent cover
in the herbaceous layer of «5% and consisted primarily of common species [17]. Furthermore,
these stands had no compositionally distinctive groups of understory species. Rather, all
herbaceous-layer species growing in these hemlock stands also were found in northern mixed
hardwood stands [17]. In contrast, many herbaceous species common in mixed hardwood stands were
rare in hemlock-dominated stands [17].

When individual eastern hemlock trees die, fall, and form gaps, species richness of the herbaceous
layer increases rapidly [16,18,34]. Early studies of the herbaceous flora of hemlock forests were done
in what were thought to be “climax” [16], “old-growth” [18] or “virgin” [52,53] stands. Gap creation
in old-growth stands in Wisconsin led to increases in richness and cover of herbaceous species in
gaps relative to intact forest [18]. This result was echoed by those of D’Amato et al. [19] in relict
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old-growth stands in Massachusetts (USA). Although these old-growth hemlock stands supported
twice the number of understory species and had four times the understory vegetation cover as nearby
second-growth hemlock stands [19], these differences were attributable to small-scale disturbances
(treefall gaps, self-thinning), leading to lower density canopies and more light reaching the forest floor.
Such gap dynamics also alter understory diversity in hardwood-dominated stands (Figure 2).

Similar responses occur when entire stands of hemlock are killed by the hemlock woolly adelgid.
For example, between 1994 and 2006, up to 42% of individuals died from adelgid infestation in
hemlock stands in the Delaware Water Gap National Recreation Area [56]. During this interval, species
richness and cover of bryophytes (mosses and liverworts) more than doubled, in large part because
of the amount of new habitat (dead and fallen branches and boles) and higher light availability on
streambanks. In the same plots, all understory ferns, herbs (except for Streptopus amplexifolius (L.)
DC), shrubs, and trees increased in occurrence and abundance as hemlock declined [57]. At the same
time, there was a large increase—further accelerated by increasing density of deer—in abundance of
nonnative species, including Ailanthus altissima (P.Mill.) Swingle, Alliaria petiolata (M. Bieb) Cavara
and Grande, Berberis thunbergii, Microstegium vimineum (Trin.) A.Camus, and Rosa multiflora Thunb. ex
Murray [58].

4. Conclusions

In sum, observational and experimental data illustrate that the herbaceous layer of eastern
hemlock stands generally is sparse and species-poor. With few exceptions, hemlock stands have not
been found to have a unique set of associated understory species. Rather, species that are common in
the hemlock understory also are common in mixed hardwood stands, whereas other species that are
common in mixed hardwoods are uncommon in hemlock stands. Death of individual hemlock trees
or of whole stands routinely leads to rapid increases in species richness and percent cover of shrubs,
herbs, graminoids, ferns, and fern-allies.

What is lost besides hemlock, however, is variability in the structure and composition of the
herbaceous layer. In the Harvard Forest Hemlock Removal Experiment, initial removal of hemlock by
either girdling or logging, and subsequently by the hemlock woolly adelgid led to a proliferation of
early-successional and disturbance-dependent understory species. In other declining hemlock stands,
nonnative species expand and homogenize the flora. While local richness increases, between-site and
regional species diversity can be expected to decline further as eastern hemlock—an iconic foundation
species of eastern North America—is lost from many forest stands.
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Abstract: Whitebark pine (Pinus albicaulis) has the largest and most northerly distribution of any
white pine (Subgenus Strobus) in North America, encompassing 18˝ latitude and 21˝ longitude
in western mountains. Within this broad range, however, whitebark pine occurs within a narrow
elevational zone, including upper subalpine and treeline forests, and functions generally as an
important keystone and foundation species. In the Rocky Mountains, whitebark pine facilitates
the development of krummholz conifer communities in the alpine-treeline ecotone (ATE), and
thus potentially provides capacity for critical ecosystem services such as snow retention and soil
stabilization. The invasive, exotic pathogen Cronartium ribicola, which causes white pine blister
rust, now occurs nearly rangewide in whitebark pine communities, to their northern limits. Here,
we synthesize data from 10 studies to document geographic variation in structure, conifer species,
and understory plants in whitebark pine treeline communities, and examine the potential role of
these communities in snow retention and regulating downstream flows. Whitebark pine mortality
is predicted to alter treeline community composition, structure, and function. Whitebark pine
losses in the ATE may also alter response to climate warming. Efforts to restore whitebark pine
have thus far been limited to subalpine communities, particularly through planting seedlings with
potential blister rust resistance. We discuss whether restoration strategies might be appropriate for
treeline communities.

Keywords: Pinus albicaulis; alpine-treeline ecotone; biodiversity; community structure; keystone
species; foundation species; ecosystem services; exotic pathogen; white pine blister rust; restoration

1. Introduction

Temperate zone coniferous forests are important contributors to global annual net primary
productivity, standing biomass, and biodiversity ([1] and references therein). In North America,
biodiversity assessments of temperate coniferous forest ecoregions range from regionally outstanding to
globally outstanding [2]. Two extensive and important temperate coniferous forest ecoregions are the
North Central Rockies Forests and South Central Rockies Forests, which include some of the world’s
most pristine wildlands, such as the Canadian Rockies, Northern Continental Divide Ecosystem,
and the Greater Yellowstone Ecosystem. Although conifer diversity itself is low to moderate within
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these ecoregions, the composition and structure of each forest community type vary across steep
moisture, topographic, and elevational gradients. Furthermore, wildfire is a recurring disturbance in
Rocky Mountain forests, varying in intensity and return intervals across landscapes and leading to
considerable community heterogeneity [3–6]. Variation among and within community types, as well
as unique landscape community associations, are additive in contribution to regional biodiversity [7].

Community level biodiversity in these ecoregions, however, is not secure. These areas are
epicenters for many of the forest health problems confronting western North American forests,
including warming temperatures leading to reduced snowpack levels, earlier snowmelt [8], increased
wildfire frequency [9], elevated tree mortality [10], as well as outbreaks of forest insects and
pathogens [11,12], and ecosystem impacts of invasive pests, pathogens and plants [13]. These combined
effects are predicted to push some forests over thresholds of resilience into new vegetation types, with
a loss of forest ecosystem services [14].

Whitebark pine (Pinus albicaulis Engelm.) communities, which contribute significantly to western
forest biodiversity, reach their distributional center of abundance in the North Central Rockies and
South Central Rockies ecoregions [15]. They are impacted by a number of these forest health challenges
across much of their range, but especially in the U.S. northwest and in the adjacent southwestern region
of Canada [15,16]. In 2011, the species was designated a candidate under the U. S. Endangered Species
Act and in 2012 declared endangered in Canada under the Species at Risk Act [17,18]. The two major
factors cited in the species’ decline were widespread mortality from white pine blister rust, a non-native
disease caused by the fungal pathogen Cronartium ribicola J.C Fisch. in Rabh., which has spread nearly
rangewide, and unprecedented outbreaks of mountain pine beetle (Dendroctonus ponderosae Hopkins).
Other factors included altered fire regimes and advancing succession in seral communities from fire
suppression efforts, and climate change [15,17,18].

Whitebark pine depends on the bird, Clark’s nutcracker (Nucifraga columbiana (Wilson), for seed
dispersal, which influences the pine’s ecology, distribution, and population biology [19–21]. In late
summer and fall, nutcrackers store ripe pine seeds throughout the montane landscape for future
retrieval. Unretrieved seeds may germinate following snowmelt or rain, leading to regeneration
(e.g., 22). Seed dispersal by nutcrackers to recently burned, disturbed, remote, or high elevation terrain,
coupled with seedling tolerance of extreme conditions and harsh seedbeds, leads to whitebark pine
regeneration early in succession and to whitebark pine establishment at the highest forest limits [20–22].
This coevolved, mutualistic seed dispersal system is related to the stone pine complex of Eurasia, which
is dependent on seed dispersal by the Eurasian and large-spotted nutcrackers (Nucifraga caryocates L.
and N. multipunctata Gould) [19].

Encompassing about 18˝ latitude and 21˝ longitude, whitebark pine has the largest latitudinal
distribution of any North American five-needle white pine (Subgenus Strobus, Section Quinquefoliae,
subsection Strobus [23]) but the narrowest elevational distribution comprising upper subalpine zone
to treeline (Figure 1) [24]. The restricted elevational range results partly because whitebark pine is
a “stress-tolerator” characterized by generally slow-growth, moderate shade-intolerance, and poor
competitive abilities [24,25]. Whitebark pine community composition and dynamics change in relation
to site characteristics: On comparatively warm, moist productive sites, communities are successional,
with whitebark pine a minor component [26]. Although whitebark pine may persist into late seral
stages in these communities, its overall basal area declines with time ([15] and references therein).
These seral communities are disturbed periodically by fire. As sites become increasingly cold, and
dry, with poorer soils, whitebark pine increases in community representation, becomes a self-replacing
co-climax species, and then dominates as a self-replacing climax (late successional) species. Seral
whitebark pine communities are most prevalent within the Rocky Mountain distribution, whereas the
primary community types in the Pacific distribution are climax and treeline.
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Figure 1. The distribution of whitebark pine (Pinus albicaulis Engelm.). (Source: Whitebark Pine
Ecosystem Foundation [27]).

Across its range, whitebark pine functions as a foundation and keystone species [15,28].
A foundation species is regarded as “ . . . disproportionately important to the continued maintenance
of the existent community structure” ([29] p. 86). Loss of a foundational species profoundly
alters structure, composition, and function [30]. Keystone species promote community diversity
disproportionately in relation to their abundance through interactions with other species [31,32].
Foundation and keystone functions previously identified for whitebark pine are described in Table 1.
Many of these functions result from highly effective seed dispersal by nutcrackers in combination with
exceptionally hardy seedlings that rapidly develop deep tap roots and tolerate exposed, droughty
sites [22,24,28]. Whitebark pine communities also provide ecosystem services, defined as ecosystem
functions that benefit humans (e.g., [33]). Ecosystem services are divided into four general categories:
provisioning services (e.g., food, timber), cultural services (e.g., recreation, inspiration), regulating
services (e.g., preventing floods or disease), support services (e.g., clean water, pollination) [34].
Ecosystem services specific to whitebark pine are listed in Table 1.

Snowpack retention and snowmelt protraction are ecosystem services associated with whitebark
pine subalpine forest and treeline communities (Table 1) [28,35]. Whitebark pine often grows in soils
that hold little water and support sparse vegetation at elevations with high precipitation and snow
accumulation, leading to copious run-off [35]. Because snow is the dominant form of precipitation
in Rocky Mountain ecosystems, hydrologic processes are largely governed by snowpack dynamics,
including snow deposition, redistribution, and runoff [41–44]. It has been inferred that high elevation
whitebark pine communities create conditions that delay snowmelt and therefore downstream
flow until late in the season, when it is most valuable for down-valley irrigation needs [28,35].
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However, specific connections between whitebark pine communities and hydrologic processes lack
empirical support.

Table 1. Keystone interactions (K), foundational functions (F), and ecosystem services provided by
whitebark pine [15,16,28,35–38]. Ecosystem services to Native Americans [39,40].

Keystone Interactions and Foundational Functions

• Wide latitudinal distribution and environmental tolerances with a gradient of community types lead to
forest, understory plant, and animal community diversity at local, regional, and range-wide scales. K, F

• Community structure provides wildlife shelter, perching and nesting sites, burrows, and food at high
elevations. K

• Large, nutritious seeds provide an important wildlife food source for songbirds, upland game birds,
squirrels and mice, bears, and foxes. K

• Hardiness of seedlings coupled with seed dispersal by Clark’s nutcrackers leads to early whitebark
pine regeneration after fire and other disturbance across slope aspects and elevations, which in turn
mitigates harsh conditions and leads to community development through facilitation interactions. F

• Hardiness of seedlings leads to tolerance of harsh upper subalpine sites and establishment of whitebark
pine. A less hardy tree may then establish in its lee, through facilitation, which fosters biodiversity. K, F

• Tolerance of harsh, windy sites, coupled with seed dispersal by Clark’s nutcrackers to treeline microsites,
leads to solitary whitebark pine facilitating leeward tree establishment, which enables tree island
community development. F

Ecosystem services

• As the principal conifer growing at the highest elevations in the upper subalpine and at treeline,
whitebark pine stands shade snowpack and slow snowmelt, which leads to protracted runoff and longer
seasonal downstream flow. This potentially benefits agriculture and ranching.

• By growing at high elevations on harsh sites with rocky substrates, whitebark pine tree roots take up
water, regulating flows, stabilize soils, and reduce soil erosion, potentially resulting in higher quality
water with less sediment in downstream flows.

• Whitebark pine communities are associated with high elevation recreational activities in national forests,
wilderness areas, national parks, and ski areas. On harsh sites, individual trees assume massive, twisted
wind-sculpted forms, which to visitors symbolize survival against the elements and contribute uplifting
aesthetics to the high-mountain experience.

• The large seeds of whitebark pine were an important traditional food for several Rocky Mountain
Native American tribes. Tribes also used the inner bark of whitebark pine as a food source in spring or
early summer.

In the North Central Rockies and South Central Rockies ecoregions, whitebark pine is a dominant
krummholz species in many alpine-treeline ecotone (ATE) communities, especially on the harsh eastern
front of the Rocky Mountains [38,45]. Within these communities, whitebark pine is not only the most
abundant solitary species in these regions but also the species most often at the exposed windward
edge of tree islands and thus the most common species to initiate tree island formation, a foundational
function (Table 1). Whitebark pine is hardier under conditions of poor soils, wind, low snow cover, and
drought than associated treeline conifers (e.g., [46]), and its leeward microsites provide a protective
microclimate and reduced sky exposure, favoring the establishment of other trees [47].

The foundation and keystone functions of whitebark pine are generally recognized [15–18,28], as
well is the range of forest biodiversity represented by whitebark pine subalpine communities [24,26,37].
We ask whether there may also be geographic variation in treeline community composition and
structure, thus providing a more complete understanding of the range of forest types and community
biodiversity represented by whitebark pine. Secondly, we review hydrologic processes at high
elevations to determine whether ATE whitebark pine communities potentially retain snowpack and
regulate local streamflows, which would provide inferential support for this ecosystem service in the
absence of empirical evidence. Specifically, we examine both (1) geographic variation in the structure
and composition of whitebark pine krummholz ATE communities and (2) geographic variation in
dominant co-occurring “understory” plants, using information from our collective recent studies in
the North Central and South Central Rockies. We also (3) review the literature for information on the
contribution of treeline communities to snow retention and local hydrological processes, and connect
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this information to ATE whitebark pine communities. Furthermore, previous studies in the ATE
across the distribution of whitebark pine indicate that C. ribicola is present in nearly every community
examined [45], with the highest infection levels in the ATE of Glacier National Park [38,48,49]. Blister
rust potentially threatens both the biodiversity supported by whitebark pine as a keystone and
foundation species and the ecosystem services that whitebark pine communities provide. Finally,
we explore the issue of whether restoration efforts are feasible or desirable for treeline communities.

2. Study Areas and Methods

Whitebark pine in the Rocky Mountains ranges from about 42˝ latitude in Wyoming, USA, to
54˝ latitude in British Columbia and Alberta, Canada. Summary data presented on the structure and
composition of krummholz whitebark pine ATE communities come from ten studies either previously
published or in preparation, spanning the latitudinal range of whitebark pine in the Rocky Mountains
(Table 2, Figure 2).

Community assessment methods varied by study in plot size (225 m2 vs. 500 m2), number of plots
(2–30), total area sampled (750 m2 to 6750 m2; median = 4500 m2), and whether the plots were randomly
or non-randomly distributed. Seven studies were based on a randomized distribution of study plots.
For non-random sampling, plots were distributed within a defined aspect and slope at the highest
elevations of the ATE that could be safely accessed; whereas, for random sampling, random points
for plot initiation were selected a priori and stratified by aspect based on GIS or R [50]. We sampled
non-randomly in the Willmore Wilderness Park, Stanley Glacier, and Gibbon Pass study areas, where
surveys had to be completed at a specific location within a limited timeframe.

Sampled conifers were predominantly of krummholz growth form, or a mixture of krummholz
with upright, flagged stems, and an occasional erect tree, especially alpine larch (Larix lyallii Parl.).
Trees occurred either solitarily or in tree islands, where krummholz tree canopies were contiguous,
and sometimes mixed with flagged branches and more upright forms. In all study areas, the following
data were collected per plot: tree species richness S (not including shrub forms, such as Juniperus spp.),
number of solitary trees per species, number of tree islands, species composition of each tree island by
species presence (not by total number of each species), length of each tree island (to a maximum of
35 m), and species of the most windward tree (likely tree island initiator) for each tree island.

We calculated descriptive statistics for each study area using either Microsoft Excel or R [50] for
plot level variables for numbers of solitary trees and numbers of tree islands per m2, which we scaled
up to densities per hectare, and tree island lengths. We report species richness among all solitary trees
and tree islands and relative proportions of tree island initiators by species. The Shannon Index was
used to calculate the community diversity of solitary trees for each study area:

H “ ´
Sÿ

i“1

ppiq plog2 piq (1)

Information on understory plant dominants comes from our collaborative studies in these study
areas. We reviewed the literature for information on the role of treeline conifer communities in snow
retention, and thus provision of this important ecosystem service.

We tested data for normality. We performed linear regression to determine if the proportion of
solitary trees represented by whitebark pine predicted the proportion of tree islands with whitebark
pine as the initiator, and we performed Spearman rank correlation analysis to determine if tree island
density correlated with tree island length [50].
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Figure 2. The locations of the ten alpine-treeline ecotone (ATE) community study areas encompassing
the geographic range of whitebark pine in the Northern and Central Rocky Mountains. These areas
provided the comparative data used in this study. See Table 2 for additional information about each
study area.

3. Results

3.1. Geographic Variation in ATE Community Composition and Structure

The ATE communities in all study areas comprised both small, scattered solitary krummholz trees
interspersed among tree islands and predominantly krummholz tree islands. Solitary trees occurred
in open terrain among tree islands but also as non-contiguous satellites around tree islands. Median
densities of solitary trees per hectare, with all species combined, ranged from 160.00 trees/ha at Gibbon
Pass to 977.78 trees/ha at Divide Mountain (Table 3). With the exception of Gibbon Pass, the highest
densities of solitary trees occurred within the northern study areas. The median densities of tree
islands ranged from 0.00/ha at both Tibbs Butte and Christina Lake to 130.00/ha at Stanley Glacier, but
half of the median values were ca. 80/ha (Table 3). Again, the highest median densities were generally
in the northern study areas. At Stanley Glacier, Divide Mountain, Paintbrush Divide/Holly Lake, and
Hurricane Pass/Avalanche Basin, we encountered one or more tree islands longer than 35 m in length
(Table 3). Median tree island lengths ranged from 2.59 m to 7.68 m among the study areas, with no
obvious trends.
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Among study areas, conifer species richness S for solitary trees ranged from 2 to 5 and for tree
islands from 3 to 5, with the highest richness in the Line Creek study area (Table 3). With the exception
of the Gibbon Pass and Tibbs Butte study areas, solitary trees and tree islands were composed primarily
of whitebark pine (PIAL), subalpine fir (Abies lasiocarpa (Hook.) Nutt., ABLA), and Engelmann spruce
(Picea engelmannii Parry ex Engelmann, PIEN). Small numbers of other species occurred in several study
areas: lodgepole pine (Pinus contorta Douglas ex Loudon, PICO) in Willmore Wilderness Park and Line
Creek, alpine larch (Larix lyallii Parl., LALY) in Gibbon Pass, and Douglas-fir (Pseudotsuga menziesii
(Mirb.) Franco, PSME) in Divide Mountain and Line Creek (Table 3).

Among solitary trees, whitebark pine was the majority species in nine of the ten study areas,
ranging from 93.2% at Tibbs Butte to 23.3% at Gibbon Pass—the latter an outlier in community
composition (Figure 3). Species comprising the other solitary trees varied in relative abundance
(Figure 3). At Gibbon Pass, Engelmann spruce dominated solitary trees, accounting for 37.9%. In other
study areas, Engelmann spruce ranged in percent occurrence among solitary trees from 5.3% at
Christina Lake to 34.4% at Stanley Glacier. Subalpine fir ranged from 5.7% at Christina Lake to 23.2%
at Hurricane Pass/Avalanche Basin. At Gibbon Pass, alpine larch was the second most prevalent
solitary tree after spruce, and at Line Creek, lodgepole pine was more common than subalpine fir.
The Gibbon Pass and Hurricane Pass/Avalanche Basin study areas had the highest Shannon diversity
indices for the solitary tree component of the ATE community, primarily because of greater evenness
in relative occurrence among conifers (Table 3). The Tibbs Butte study area had the lowest Shannon
diversity index, because of dominance by whitebark pine and a low species richness of 2. One or
more whitebark pine trees occurred across the highest proportion of tree islands than any other conifer
species in all study areas except Parker Ridge and Gibbon Pass (Figure 4).
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Figure 3. Percent composition of the solitary conifer tree community for each study area. See
Table 3 for conifer species listed under “Other” for each study area. Conifer abbreviations are
as follows: PIAL = whitebark pine (Pinus albicaulis), ABLA = subalpine fir (Abies lasiocarpa),
PIEN = Engelmann spruce (Picea engelmannii), PICO = lodgepole pine (Pinus contorta), LALY = alpine
larch (Larix lyallii), and PSME = Douglas-fir (Pseudotsuga menziesii). Study areas are abbreviation as
follows: WW = Willmore Wilderness, PR = Parker Ridge, GP = Gibbon Pass, SG = Stanley Glacier,
DM = Divide Mountain/White Calf Mountain, LC = Line Creek, TB = Tibbs Butte, PH = Paintbrush
Divide/Holly Lake, HA = Hurricane Pass/Avalanche Basin, and CL = Christina Lake.

The relative proportions of tree islands with subalpine fir and Engelmann spruce varied across
study areas from Line Creek north, but were comparable in study areas from Tibbs Butte south. Median
tree island length varied from 2.59 m in the Willmore Wilderness study area to 7.68 m at Tibbs Butte;
no latitudinal gradient was apparent, and median density of tree islands did not predict length of tree
islands (ρ = 0.191 (95% CI: ´0.572, 0.881), N = 10, p = 0.598).

123



Forests 2016, 7, 21

0
0.1
0.2
0.3
0.4
0.5
0.6
0.7
0.8
0.9
1

WW PR GP SG DM LC TB PH HA CL

Pr
op

or
tio

n
of

tr
ee

is
la
nd

s

Study areas

PIAL

ABLA

PIEN

Other

Figure 4. The proportion of tree islands within a study area with one or more individuals of each species.
See Table 3 for conifer species listed under “Other”, and Figure 3 for conifer species abbreviations and
study area abbreviations.

Whitebark pine was the most frequently occurring windward conifer in tree islands, and thus
presumably the majority tree island initiator, within five study areas: Stanley Glacier, Divide Mountain,
Line Creek, Tibbs Butte, and Christina Lake (Figure 5). We examined whether the relative proportion of
whitebark pine as a solitary tree predicted its relative proportion as a tree island initiator across study
areas. We found that proportional abundance of whitebark pine among solitary trees predicted its
proportional abundance as a tree island initiator (F = 8.724, r = 0.722, R2= 0.522, df = 8, p = 0.018). Several
study areas, such as Willmore Wilderness Park, Parker Ridge, and Paintbrush Divide/Holly Lake, had
high proportions of whitebark pine among solitary trees but not among tree island initiators (Figure 3).
We tested the same data sets for subalpine fir and Engelmann spruce and found that proportional
representation of these conifers as solitary trees did not as strongly predict their proportional abundance
as tree island initiators (F = 5.192, r = 0.627, R2= 0.3936, df = 8, p = 0.0522, and F = 2.645, r = 0.498,
R2 = 0.2485, df = 8, p = 0.143, respectively).
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Figure 5. Relative proportional abundance of whitebark pine as a tree island initiator, as inferred by its
leading windward position in tree islands, within each study area. See Table 3 for conifer species listed
under “Other”, and Figure 3 for conifer species abbreviations and study area abbreviations.
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3.2. Geographic Variation in ATE Understory Community Composition

The ATE understory vascular plant community varied among and within regions in composition
(Table 3). The Willmore Wilderness Park study area understory community included lichens, especially
Cladonia spp. and Stereocaulon spp. (J. Gould, personal communication), as well as large patches
of multi-species heath communities (Cassiope mertensiana, Empetrum nigrum, Phyllodoce glanduliflora),
which indicate substantial moisture from a maritime climatic influence [26,56]. Widely-distributed
species shared among several study areas included Dryas octopetala, Arctostaphylos uva-ursi, and
Silene acaulis; and, all study areas featured low-growing Salix spp., not listed in Table 3. The substrate
at the Stanley Glacier and Gibbon Pass study areas comprised loose, unstable shale fragments from
weathering, possibly contributing to the sparse and patchy understory at these sites.

Many of our treeline study areas are located east of the Continental Divide and exposed to the
extremes of a continental climate. Exceptions include the Stanley Glacier study area, which lies west
of the Continental Divide; the Divide Mountain/White Calf study area, which experiences Pacific
air masses and precipitation levels similar to those west of the Divide [57]; and, the Paintbrush
Divide/Holly Lake and Hurricane Pass/Avalanche Basin study areas, which occur west of the Divide
within the Teton Range, a region which receives relatively heavy snowfall [56]. The latter two southern
study areas included Arctostaphylos uva-ursi and Dryas octopetala in the understory community—two
species characteristic of the more mesic treelines of the northern regions. The annual snowfall in the
southern and eastern Wind River Range, the location of the Christina Lake study area, is half that of
the Teton Range, and the region is characterized as semi-arid [56].

3.3. Snow Retention As an Ecosystem Service

We conducted a literature search on snowpack deposition, redistribution, and snowmelt runoff
to determine whether treeline communities in general influence hydrologic processes, and whether
we can extrapolate these processes to ATE whitebark pine communities. Our search revealed a long
history of literature describing the spatial patterns of snow redistribution and accumulation (Table 4).
These studies, which originated with the implementation of snow fences to make winter highway
driving safer (e.g., [58,59]), led to the development of algorithms describing snow redistribution by
wind, which indicated that objects act as snow-traps, effectively forcing snow distribution in their
lee [58,60–64]. Watershed studies in arid, western plant communities indicated that strategically-placed
snow fences increased snow accumulation, snowmelt discharge and the length of the flow period
([65] and references therein). Subsequent subalpine and treeline forest observational studies verified
that snow depth is positively associated with tree distribution, as observed for snow fences [43,66–70]
(Figure 6, Table 4). Snow depth influences other hydrological processes, including snow water
equivalent (SWE), runoff initiation date, snow cover season length, and the spatial pattern of snow
disappearance[41,69–72] (Table 4). Delayed runoff initiation prolongs snowdrift disappearance in
areas with deeper snow [70].

Snow accumulation and distribution drive other ecosystem processes at treeline including
allochthonous deposition of nutrients and herbaceous community structure [68,73–78] (Table 4).
Treeline environments experience similar rates of inorganic nutrient deposition rates as subalpine
forest, and higher rates than treeless alpine tundra [68]. Snowpack depth and snow cover duration
also influence plant community composition and spatial distribution at both local and landscape
scales [73–76], because snow-free date determines growing season length, water availability, and soil
temperatures [72,74].
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Table 4. References describing snowpack deposition, redistribution, snowmelt run-off, and the role of
high elevation tree communities in these processes. The processes are summarized with respect
to potential snow retention ecosystem services provided by whitebark pine communities in the
alpine-treeline ecotone.

Topic References

Algorithms and highway safety research indicate wind distributes snow leeward of objects. [58,60–62]

Field measurements demonstrate increased snow accumulation,
snow depth, and snow water equivalent leeward of trees. [42,66–69,80]

Increased snow depth positively correlates with snow water equivalent (SWE). [69,70]

Increased snow depth is associated with delayed runoff initiation and longer snow persistence. [41,70–72]

Snow depth and snowpack persistence predict herbaceous vegetation community distribution. [73–76]

Snow accumulation is positively associated with soil nutrient deposition. [68,77,78]

Field based assessment of a whitebark pine ecosystem indicates
vegetation influences snow accumulation and spatial distribution. [66]

Summary of processes

1. Objects, such as trees and rocks, act as snowtraps, forcing snow redistribution in their lee.

2. The distribution of trees on the landscape positively influences snow depth.

3. An increase in snow depth directly increases downstream water yield.

4. Whitebark pine is abundant at treeline and initiates tree islands,
creating snow traps, and thus influences local hydrological processes.

Thus, the presence of tree stands and tree islands influences local hydrologic processes, leading to
deeper snow deposition in their lee and directing the spatial distribution of snow (Figure 6). Because
whitebark pine is the dominant conifer in many ATE communities throughout the Rocky Mountains
and often initiates tree island development [38,45,79], whitebark pine communities influence snow
depth in their lee and contribute to the spatial heterogeneity of herbaceous community composition
at treeline. Even if whitebark pine is not locally important in tree island initiation, it is typically an
important structural component of tree islands.

(a)

Figure 6. Cont.
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(b)

Figure 6. (a) Ribbon forest ATE community above Christina Lake, WY, with whitebark pine a major
component after snowmelt completion in the surrounding treeless matrix (Photo: E.R. Pansing);
(b) Whitebark pine ATE community from Divide Mountain, MT, with snowdrift in lee of tree island
stringer (Photo: D.F. Tomback).

3.4. Blister Rust Incidence Regionally and Within Treeline Communities

White pine blister rust now occurs throughout whitebark pine’s Rocky Mountain distribution in
subalpine forest communities, with lower incidence at higher latitudes and east of the Continental
Divide (Table 5) ([81,82], see Table 1.1). Repeated surveys on permanent plots indicate widespread
infection in both the Central Rocky Mountains and Northern Rocky Mountains and tree mortality from
the disease [83,84]. White pine blister rust is present across all regions at treeline but at low incidence
at the northern and southern distributional limits, where climatic conditions are less favorable for the
disease (Table 5) [85,86].

Table 5. Incidence of infection by white pine blister rust (BR) in subalpine forests in the Central and
Northern Rocky Mountains, and incidence of blister rust at treeline across the Rocky Mountains.

Location Overall Infection Incidence; Mortality Notes Reference

Subalpine: Greater Yellowstone Area 20%–30% mortality indicated [83]

Subalpine: Canadian Rocky Mountains 52% 28% of trees, primarily BR [81]

Treeline: east slope Glacier National Park:
Divide Mountain and Lee Ridge

33.7% multiple symptoms; 24.3% confirmed
cankered; mortality in both study areas:
6 dead trees on 3 transects ; 6 dead trees

on 4 transects; confirmed BR

[38]

Treeline: Willmore Wilderness Park 1.1% (confirmed cankers) Tomback and Resler,
in preparation [51]

Treeline: Glacier National park, 6 study areas 47% (0%–100% per plot) [48]

Treeline: Divide Mountain; Line Creek 23.6% (confirmed cankers);
19.2% (confirmed cankers) [49]

Treeline: Gibbon Pass; 0%

Stanley Glacier; 16.2% (multiple symptoms);
10.8% (confirmed cankers); [45]

Tibbs Butte 0% (on transects; presence off transects)

Treeline: Paintbrush Divide/Holly Lake;
Hurricane Pass/Avalanche Basin 17.2%; 14.9% Resler and Shao

unpublished data [55]

Treeline: Tibbs Butte;
Christina Lake <10% blister rust in both areas Wagner et al.,

in preparation [54]
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The highest incidences of blister rust in subalpine whitebark pine communities occur in the
Northern Continental Divide Ecosystem (e.g., Glacier and Waterton Lakes National Parks) [81],
where high treeline infection levels also reflect these trends (Table 5). In the Greater Yellowstone
Area, infection at the Line Creek study area was comparable to levels generally within subalpine
communities (Table 5) [83]. The outlook for blister rust in North America is continued spread and
regional intensification throughout the collective ranges of whitebark pine and other five-needle white
pines [15,86].

4. Discussion

4.1. Potential Impacts to ATE Whitebark Pine Communities from White Pine Blister Rust

Tomback and Resler [79] indicated that Cronartium ribicola could disrupt ATE communities in two
ways. First, loss of seed production in subalpine whitebark pine communities from tree mortality and
damage to tree canopies reduces the likelihood of seed dispersal from the subalpine communities by
Clark’s nutcrackers to treeline [20,87–89]. Conifers in the ATE only rarely produce seed cones, and
often the seeds are not viable; the seed sources for ATE conifer regeneration are trees from lower
elevations [90]. Secondly, blister rust infection at treeline damages and kills trees, potentially reducing
the availability of whitebark pine to serve as a tree island initiator, which is especially important on
the harshest and highest treeline sites, but also potentially eliminates whitebark pine as a frequent
component of tree islands [38]. In this study, we found a direct relationship between the proportion of
solitary whitebark pine and the proportion of tree islands initiated by whitebark pine, suggesting that
a decline in whitebark pine could also lead to altered community composition and reduction in tree
island density [79]. Understory plant composition may change as well, since patterns of snow retention
and nutrient deposition may be impacted. Reduction in tree island size or density may reduce the
effectiveness of snow retention in the ATE, which will further influence community composition.

Given the functional role of whitebark pine as a tree island initiator, mortality from blister rust
may alter treeline response to climate change [79]. If loss of seed dispersal rrestricts the upward
elevational movement of whitebark pine in response to increasing temperatures, or whitebark pine
established above the limits of the current ATE succumbs to blister rust, then opportunities for tree
island development may be reduced. This could lead to the perception that treeline is either slow
to respond to warming trends or is not moving upwards in response to warming [79]. Agent-based
modeling of the scenario “climate warming and disease” indicated that over a 500 to 800 year timeframe,
whitebark pine in the presence of blister rust would decline by over 60%, Engelmann spruce exceeded
whitebark pine in abundance after year 630, but the area occupied by tundra increased as the area
occupied by conifers declined [91].

4.2. Geographic Variation in ATE Whitebark Pine Communities

Although ATE whitebark pine communities are principally composed of three conifer species
throughout their Rocky Mountain range, we see a difference in structure and composition among study
areas within regions and across regions, primarily in response to topographic and climatic variation,
but also in response to biotic factors, such as seed availability and site suitability [90]. Median density
of solitary trees varies more than four-fold across study areas, and the median density of tree islands
varies from 0 to 130 tree islands/ha. In different study areas, additional conifer species are part of the
ATE community, and the relative species composition of both solitary trees and tree islands varies
among them. Furthermore, the understory communities may share some of the same plant species,
but the associations and even relative abundances vary across study areas. Thus, whitebark pine
treeline communities are highly variable, and based on working definitions of biodiversity [7,92], even
highly biodiverse.
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4.3. The role of Whitebark Pine Communities In Snow Retention

Trees within the ATE help determine snow spatial distribution across the landscape by increasing
snow depth in their lee [42,62,67,68,80]. Snow depth affects snowpack characteristics, including
SWE, timing of snowmelt initiation and runoff, and snow disappearance dates [42,58,62,70,73,80].
Snow distribution also influences ecosystem structure through nutrient deposition and herbaceous
community composition and distribution by prolonging snowmelt initiation and snowmelt
dates [68,77].

Because the presence of trees at high elevations impacts hydrologic processes, whitebark pine
and whitebark pine communities potentially serve important roles in increasing snow depth locally
and determining the spatial distribution of snow. Whitebark pine’s tolerance of windswept, droughty
sites [24,26]) combined with its role as a tree island initiator and major structural component of tree
islands suggest that, in some watersheds in particular, whitebark pine not only assumes an important
role in mediating hydrological processes but also influences local ecosystem processes beyond runoff
dynamics, including nutrient capture and distribution, vegetation community composition, and
vegetation spatial distribution (e.g., [65,68,73–78]). Although these hydrological processes are a logical
extrapolation of known mechanisms, the role of treeline whitebark pine communities should be
substantiated by empirical data.

4.4. Management Implications

Forest managers in the U.S. and Canada recognize that the growing losses of whitebark
pine impact forest community biodiversity and lead to declining ecosystem function and
services [17,18]. Restoration strategies for subalpine whitebark pine communities now exist or are
under development [82,93,94]. For example, Keane et al. [82] presented general approaches for restoring
whitebark pine, and Keane et al. [94] developed recommendations to mitigate climate change impacts.

We offer ideas for a two-pronged restoration strategy for ATE whitebark pine communities,
which are experiencing mortality from blister rust [38]. First, existing restoration protocols apply to
whitebark pine communities at the upper limits of the subalpine zone, which are the seed sources
for ATE communities [87,90]. The most effective restoration treatment is to plant seedlings grown
from seed sources previously identified as having some degree of genetic blister rust-resistance in
areas with high tree mortality, such as after recent fires, after pine beetle outbreaks, or with high
rates of blister rust [82]. This potentially increases the representation of resistance in populations,
but is difficult to implement at large scales. Treatments such as thinning and prescribed burning
reduce competition from faster-growing shade-tolerant trees [95]; these treatments are generally not
appropriate for whitebark pine stands just below the ATE, which tend to be open, self-replacing
climax communities.

Secondly, whitebark pine seedlings should be planted throughout the ATE where blister rust
incidence is high to compensate for solitary krummholz tree mortality and reduced rates of seed
dispersal from the upper subalpine communities. Although whitebark pine may grow without
a protective microsite or nurse object in the ATE [46], survival is more likely if whitebark pine is
planted leeward of a protective nurse object, such as a rock or shrub. A logistically efficient alternative
to planting may be sowing seeds with potential genetic resistance to blister rust in protected sites in
the ATE. Pansing et al. [96] simulated nutcracker seed dispersal by sowing caches of whitebark pine
seeds in the ATE at the Tibbs Butte and White Calf Mountain study areas. Although 60% of the sown
caches in both study areas were pilfered by rodents, the remaining seeds experienced greater than 60%
germination in both study areas and one-year seedling survival of about 70% at Tibbs Butte and 30%
survival at White Calf. Seedlings near rocks and trees had higher survival rates than in unprotected
sites. These survival rates are sufficiently reasonable to suggest that for the ATE, direct seed sowing
may be more cost effective and logistically feasible than growing seedlings in nurseries for two or
three years and contracting planting crews, which is the current protocol.
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5. Conclusions

Treeline whitebark pine communities across the Rocky Mountain distribution of whitebark are
highly variable, and thus highly biodiverse, according to an inclusive definition of biodiversity [7].
Treeline communities perform the important ecosystem service of snow retention and protraction
of snowmelt. Whitebark pine is a major structural component of many Rocky Mountain treeline
communities, and in a subset of communities is often the principal initiator of tree islands. Loss of
whitebark pine to white pine blister rust will alter treeline community composition and structure, and
potentially alters response to climate warming. In addition, reduction in density of tree islands on harsh
sites may reduce snow deposition and retention in these communities, altering local hydrology. We
suggest that current whitebark pine restoration strategies should include planting blister rust-resistant
whitebark pine seedlings at the highest subalpine elevations but also sowing seeds within the ATE at
suitable sites.
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Abstract: The 1994 Northwest Forest Plan (NWFP) shifted federal lands management from a focus
on timber production to ecosystem management and biodiversity conservation. The plan established
a network of conservation reserves and an ecosystem management strategy on ~10 million hectares
from northern California to Washington State, USA, within the range of the federally threatened
northern spotted owl (Strix occidentalis caurina). Several subsequent assessments—and 20 years of data
from monitoring programs established under the plan—have demonstrated the effectiveness of this
reserve network and ecosystem management approach in making progress toward attaining many of
the plan’s conservation and ecosystem management goals. This paper (1) showcases the fundamental
conservation biology and ecosystem management principles underpinning the NWFP as a case
study for managers interested in large-landscape conservation; and (2) recommends improvements
to the plan’s strategy in response to unprecedented climate change and land-use threats. Twenty
years into plan implementation, however, the U.S. Forest Service and Bureau of Land Management,
under pressure for increased timber harvest, are retreating from conservation measures. We believe
that federal agencies should instead build on the NWFP to ensure continuing success in the Pacific
Northwest. We urge federal land managers to (1) protect all remaining late-successional/old-growth
forests; (2) identify climate refugia for at-risk species; (3) maintain or increase stream buffers and
landscape connectivity; (4) decommission and repair failing roads to improve water quality; (5)
reduce fire risk in fire-prone tree plantations; and (6) prevent logging after fires in areas of high
conservation value. In many respects, the NWFP is instructive for managers considering similar
large-scale conservation efforts.
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1. Introduction

The 1994 Northwest Forest Plan (NWFP) ushered in ecosystem management and biodiversity
conservation on nearly 10 million ha of federal lands within the range of the federally threatened
northern spotted owl (Strix occidentalis caurina) from northern California to Washington State, mostly
along the western slopes of the Cascade Mountains, USA (Figure 1). The plan was prepared in response
to a region wide legal injunction on logging of spotted owl habitat (older forests) issued in 1991 by
U.S. District Court Judge William Dwyer. After reviewing the NWFP, Judge Dwyer ruled that the plan
was the “bare minimum” (emphasis added) necessary for the Bureau of Land Management (BLM) and
the U.S. Forest Service to comply with relevant statutes (see http://www.justice.gov/enrd/3258.htm;
accessed on 29 July 2015). The plan’s conservation framework and unprecedented monitoring of
forest and aquatic conditions along with at-risk species (those with declining populations) offer
important lessons for managers interested in large-scale conservation and ecosystem management [1].
Thus, our objectives are to: (1) showcase the plan’s fundamental conservation biology and ecosystem
management principles as a regional case study for large-scale forest planning; and (2) build on the
plan’s conservation approach to provide a robust strategy for forest biodiversity in the context of
unprecedented climate change, increasing land-use stressors, and new forest and climate science
and policies.

At the time of the NWFP development, President Bill Clinton sought to end decades of conflict
over old-growth logging by directing 10 federal agencies responsible for forest management, fisheries,
wildlife, tribal relations, and national parks to work together and with scientists on a region wide
forest plan that would be “scientifically sound, ecologically credible, and legally responsible.” The
plan was crafted to ensure the long-term viability of “our forests, our wildlife, and our waterways,”
and to “produce a predictable and sustainable level of timber sales and non-timber resources that will
not degrade or destroy the environment.” A multi-disciplinary team of scientists known as the Forest
Ecosystem Management Assessment Team [2] was tasked with identifying management alternatives
that would meet the requirements of applicable laws and regulations, including the Endangered
Species Act, the National Forest Management Act, the Federal Land Policy Management Act, the Clean
Water Act, and the National Environmental Policy Act.
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Figure 1. Land-use allocations within the Northwest Forest Plan (NWFP) area: Congressionally
reserved—2.93 million ha (30%); Late Successional Reserves (LSRs)—2.96 million ha (30%); Managed
Late Successional Reserves—40,880 ha (1%); Adaptive Management Areas—608,720 ha (6%);
Administratively Withdrawn 590,840 ha (6%); Riparian Reserves—1.1 million ha (11%); and Matrix—1.6
million ha (16%). Figure created using Data Basin (www.databasin.org; accessed on 29 July 2015) and
NWFP data layers [3].

The NWFP amended resource management plans for 19 national forests and seven BLM planning
districts with 80% of those lands dedicated to some form of conservation (Figure 1). This increased level
of protection and improved management standards were necessary because for many decades federal
lands were managed without proper regard for water quality, fish and wildlife viability, and ecosystem
integrity. Overcutting of older forests and rapid road expansion were the main factors responsible for
the 1990 threatened species listing of the northern spotted owl, 1992 threatened listing of the marbled
murrelet (Brachyramphus marmoratus), multiple listings of Evolutionary Significant Units (ESUs) of
salmonids (Oncorhynchus spp.), and pervasive and mounting water quality problems. Prior to the
NWFP, ~9.6 million cubic meters of timber was being logged from old-growth forests (>150 years old)
annually on federal lands alone—roughly 5 square kilometers per week (assuming stands averaged
300 cubic meters per hectare). USFWS [4] estimated that this rate of logging would have eliminated
spotted owl habitat outside remote and protected areas within a few decades. Simultaneously, logging
was on the brink of eliminating old-growth forests from surrounding nonfederal lands.

Older forests in the Pacific Northwest are a conservation priority because they harbor exceptional
levels of forest biodiversity (e.g., >1000 species have been recognized) and numerous at-risk species [2].
Historically, such forests widely dominated much of the Pacific Northwest landscape, especially in
wet areas (coastal) where the intervals between successive fires were centuries long [5].

Older forest communities vary considerably in dominant tree species composition among the
southern Cascade Range (Oregon/California), central and northern Cascades (Oregon/Washington),
Coast Range (California/Oregon/Washington) and Klamath Mountains (Oregon/California [6]).
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Forests are generally dominated by Douglas-fir (Pseudotsuga menziesii) on sites associated with western
hemlock (Tsuga heterophylla, sometimes including Pacific and grand fir, Abies amabalis, A. grandis;
western red cedar Thuja plicata, bigleaf maple Acer macrophyllum); mixed conifers (white fir A. concolor
and sometimes incense cedar Calocedrus decurrens, ponderosa and sugar pine Pinus ponderosa, P.
lambertina); and mixed-evergreens (Pacific madrone Arbutus menziesii, tan oak Lithocarpus densiflorus,
and canyon live oak Quercus chrysolepis). Structurally, these forests are characterized by the presence of
high densities of large (>100 cm in diameter) conifers (typically 16–23 trees/ha), varied tree sizes and
multi-layered canopies, trees with broken and dead tops, high levels of snags and downed wood, and
diverse understories [6].

Most forest types in this region generally begin acquiring older forest characteristics at 80 years,
depending on site productivity and disturbance history, with full expression of structural diversity at
400+ years [7]. Upper elevation subalpine fir (Abies lasiocarpa) and Pacific silver fir are not considered
old growth until they are 260–360 years old [8]. Notably, researchers have recently developed an
old-growth structure index (OGSI) to represent a successional continuum from young to older forests.
The OGSI is a continuous value of 0–100 used to delineate older forests based on four features: (1) large
live tree density; (2) large snag density; (3) down wood cover; and (4) tree size diversity at the stand
level [9]. Young forests <80 years old that originate from natural disturbance in older forests, known
as complex early seral forest, also have high levels of structural complexity (e.g., snags and downed
logs) and species richness (especially forbs, shrubs; [10,11]). These younger forests have only recently
been recognized as a conservation priority and like old growth have been replaced by structurally
simplistic tree plantations [10].

2. NWFP’s Long-Term Objectives

FEMAT [2] aptly recognized that even with the plan’s protective elements in place, it would take
at least a century and possibly two to restore a functional, interconnected late-successional/old growth
(LSOG) ecosystem because older forests were reduced to a fraction (<20%) of their historical extent,
and 40% of the LSRs were regenerating from prior clearcut harvest that would require decades of
restoration to eventually acquire older characteristics [12]. The NWFP also represented a tradeoff
between conservation and timber interests with about 1.6 million ha (16%) of older forests placed
into the “Matrix” (Figure 1) where the majority of logging would take place pursuant to the plan’s
management standards and guidelines. As the NWFP was implemented, the volume of timber
anticipated for sale (known as the probable sale quantity) was projected at ~234 million cubic meters
annually. Since then, the plan has achieved about 80% of the probable sale quantity (on average ~178
million m3 annually [13]). The apparent shortfall has been variously attributed to protective measures
implemented before timber volume can be offered for sale, ongoing public controversy (appeals and
lawsuits) around logging of older forests in the Matrix, fluctuations in domestic housing starts and
global timber markets. Congressional appropriations to federal agencies for administering timber sales
also have contributed to a de facto limit on timber offered for sale. Consequently, the plan’s timber
goals remain controversial. Some contend that socioeconomic considerations tied to timber extraction
have not been met [14]. Others contend that rural communities no longer depend on timber in a region
where economic sectors are influenced mainly by external factors and local economies have largely
diversified [15]. Nonetheless, while it is premature to judge the efficacy of a 100-year plan in just two
decades, periodic monitoring has shown that it has put federal forestlands on a trajectory to meet
many of its ecosystem management targets [1,9,16,17].

Restoring a functional, interconnected LSOG ecosystem requires protecting existing older forests
and growing more of it over time from young-growth tree plantations within the reserves. Restoring
LSOG from former tree plantations is an uncertain endeavor that will require many decades to centuries
and has never been envisioned before on such a large scale, especially in the face of rapidly changing
climate. Thus, periodic monitoring of several of the ecosystem-based components of the NWFP by
federal agencies is being used to gauge restoration targets, assess implementation efficacy of the
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plan, and proactively respond to new stressors. For instance, an unprecedented level of old forest,
aquatics, and at-risk species monitoring occurs at regular intervals, depending on factors assessed,
in order to achieve compliance with the 1991 Dwyer court ruling and biodiversity requirements of
the National Forest Management Act of 1976. Maintaining biodiversity is a fundamental goal of any
large conservation effort and the NWFP is instructive for managers considering similar large-scale
ecosystem management and conservation efforts.

2.1. Reserves as a Coarse Filter

Conservation scientists have long-recognized that effective conservation planning involves two
complementary approaches: a coarse filter consisting of representative reserve networks, and fine filter
that includes local protections for species outside reserves [18,19]. FEMAT [2] emphasized the need for
a large, interconnected reserve network as fundamental to biodiversity conservation [1,20,21] (IUCN
protected areas categories: http://www.iucn.org/about/work/programmes/gpap_home/gpap_
quality/gpap_pacategories/; accessed on 17 September 2015). Thus, the conservation foundation
of the NWFP is rooted in a network of reserves (e.g., LSRs and Riparian Reserves) that are widely
distributed (Figure 1) throughout the planning area. The reserve network was principally designed to
support viability and dispersal of the northern spotted owl in what is otherwise a highly fragmented
system (Figure 2).

Figure 2. Satellite image of Southwest Oregon showing extensive fragmentation from a “checkerboard”
pattern of clearcuts on private and public lands with NWFP land management allocations. Map created
using Data Basin (www.databasin.org; accessed on 15 September 2015).

With reserves acting as a coarse filter, ecosystem-based approaches can be implemented to target
geographic concentrations—or hotspots—of listed or rare species, thereby increasing conservation
efficacy via multiple species benefits. Coarse filters are landscape characteristics of a natural
environment that are easily measured, for instance, using satellite images, digital elevation models,
and weather station data. Importantly, coarse filters are meant to capture the habitat needs of an entire
species assemblage rather than habitat requirements for a particular focal species. For example, a land
manager might use dominant vegetation identified through remotely sensed imagery to infer which
species potentially occur across the landscape. Thus, the fundamental premise of coarse filters is that
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measuring the amounts and spatial distribution of biophysical features allows managers to assess the
suitability of the landscape for multiple species and to represent key aggregate ecological attributes
within a system of designated reserves. Effective coarse-filter reserves need to be defined at appropriate
scales so that habitats and populations are sufficiently represented and reserves are distributed in
redundant sequences to be robust to prevailing dynamics of natural biophysical disturbance (e.g., forest
fires) and external land-management stressors in the surrounding landscape. These considerations
were explicitly implemented by FEMAT when scientists designed alternatives that established the
conservation architecture of the NWFP.

Three scales are important for estimating the amount and spatial arrangement of habitat needed
to recover or conserve at-risk species, particularly those that are indicators of a broader community:

(1) Species: habitat needed to provide the resources and physical conditions required for a particular
species to survive and reproduce.

(2) Population: habitat needed to support a local population of sufficient size to be
resilient to background stochastic demographic and environmental events and short-term
inbreeding depression.

(3) Geographic range: collective habitat required by multiple local populations of a species
that are well distributed so that all populations do not respond synchronously to stochastic
environmental events.

Central to its biodiversity focus, the NWFP was designed with explicit consideration of resilience,
redundancy, and representation across multiple groups of taxa and communities. Resilient populations
are those that are large enough, have sufficient genetic variation, and are sufficiently diverse with
respect to the age and sex of individuals to persist in the face of periodic threats such as drought,
wildfire, disease, and climate change. With respect to redundancy in populations or habitat areas,
sufficient numbers of separate populations of a species and areas to support them are needed to
provide a margin of safety in case disturbance eliminates some populations or important habitat types.
In addition, sufficient genetic variation among populations of a species is necessary to conserve the
breadth of the species’ genetic makeup and its capacity to evolve and adapt to new environmental
conditions. Representation refers to the plan’s ability to capture a range of old growth conditions
regionally within a reserve network.

2.2. Survey and Manage Program as Fine Filter

As a supplement to the Endangered Species Act, one of the fine-filters of the NWFP is the “survey
and manage” program, an unprecedented precautionary approach designed to protect known locations
and collect new information to address persistence probabilities and management uncertainties for
rare and poorly surveyed species outside the reserve network [22]. Some 400 late-successional species
of amphibians, bryophytes, fungi, lichens, mollusks, vascular plants, arthropod functional groups, and
one mammal, including many endemics that otherwise may not persist outside the reserve network,
were included in the program and given limited protections from logging if found (usually small
site-specific buffers).

The survey and manage standards and guidelines for management might not be needed if the
coarse filter reserves and older forests were fully functional and, therefore, resilient to short-term
disturbance like fires and longer-term climate and land-use changes. However, that is not currently
the case. In sum, the survey and manage program resulted in significant gains in knowledge, reduced
uncertainty about conservation, and developed useful new inventory methods for rare species [22].
The program, however, remains one of the more controversial aspects of the NWFP, and federal
agencies have repeatedly proposed its elimination given the restrictions it can place on the pace and
cost of logging.

Thorough documentation of old forest species’ distributions and diversity is still needed.
In particular, some regions with diverse vegetation types (e.g., Klamath-Siskiyou of southwest
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Oregon/northern California [23]) have exceptional concentrations of endemic species that remain
poorly studied and vulnerable to climate change [24]. Many rare species are inadequately known for
development of effective management policies and practices, especially under a rapidly changing
climate. The survey and manage program is also needed to ensure that rare species do not become
at-risk species due to unforeseen population declines and conservation neglect.

2.3. Northern Spotted Owl Decline Slowed but Not Reversed

Spotted Owl Conservation Strategy—The northern spotted owl is the umbrella species for hundreds
of late-successional species in the NWFP area [2]. When developing the conservation strategy for the
owl, Thomas et al. [25] drew on fundamental principles from population viability analysis [26], island
biogeography [27], and conservation biology [28–30] that applied both specifically to the owl and more
generally to the community of late-successional associates. Thus, the NWFP is considered a model for
conserving at-risk species [1]. Additional conservation biology principles guided the design of the
NWFP [2]:

• Species that are widely distributed are less prone to extinction than those with more restricted
ranges because local population dynamics are more independent [31].

• Large patches of habitat supporting many individuals are more likely to sustain those populations
than small patches because larger populations are less subject to demographic and environmental
stochasticity [32,33].

• Populations residing in habitat patches in close proximity are less extinction prone than those in
widely separated patches because the processes of dispersal and recolonization are facilitated [34].

• The extent to which the landscape matrix among habitat patches (supporting local populations of
the focal species) resembles suitable habitat, the greater the connectivity among local populations
leading to lower extinction risks [35].

• Sustaining a species over the long-term requires that demographic processes be evaluated at three
key spatial scales: territory, local population, and metapopulation [36].

Spotted Owl Population Trends and the NWFP—Even with the reserve network in place, spotted owl
populations on federal lands have continued to show an alarming (3.8%) annual rate of decline [9]
that has increased from the 2.8% annual decline reported previously [37]. Spotted owl populations
are monitored across 11 large demographic study areas on federal (n = 8) and nonfederal (n = 3)
lands where data on owl population dynamics are collected. Based on 2011 monitoring results for
demography study areas, four study areas showed marked declines (both the point estimator and 95%
confidence intervals) in mean annual rate of owl population change [38]. In 2015, the number of study
areas with marked declines in owl populations increased to six (K.M. Dugger, pers. communication).
Spotted owl declines were attributed to interference competition with barred owls (Strix varia; [39]),
logging-related habitat losses (mostly nonfederal lands), and the lack of a fully functional reserve
system [12,40].

Notably, total spotted owl detections and the number of previously banded owls was the lowest
ever recorded for the demography study areas [41]. Spotted owl detections at historic territories
remained unchanged from 2013–2014 at LSRs, whereas, a double-digit decrease in owl detections
was noted in the Matrix that well exceeded the slight decrease in detections recorded for Wilderness
areas. Anthony et al. [42] also reported that the decline in spotted owls was steepest on study areas
not managed under the NWFP and therefore the downward trajectory of owl populations might have
been much worse without the NWFP.

Spotted Owl Habitat Trends—Before the NWFP, the annual rate of LSOG losses on national forests
was ~1% in California and 1.5% in Oregon and Washington [9,40]. Recent monitoring of older forests
by federal agencies using multiple inventory methods shows, at the forest plan-scale, a slight reduction
in the area of federal older forests (2.8%–2.9% in 2012 compared to 1993 levels Table 1).
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Table 1. Total old forest area (hectares x million) for federal (USFS, BLM combined) vs. nonfederal
lands using three old-forest estimates: an old-growth structure index at 80-years (OGSI-80); old-growth
structure index at 200 years (OGSI-200); and Late-Successional/Old Growth (LSOG) [9]. Percent
differences between time periods (parentheses) were repeated from Davis et al. [9] who used more
significant figures in calculations not shown here and rounded to the nearest hundred thousand.

Time Period
Federal

OGSI-80
Federal

OGSI-200
Federal
LSOG

NonFederal
OGSI-80

NonFederal
OGSI-200

NonFederal
LSOG

1993 5.1 2.6 3.0 2.6 0.7 1.6
2012 4.9 (−2.9) 2.5 (−2.8) 2.6 (−2.0) 2.3 (−11.6) 0.6 (−18.1) 1.3 (−14.2)

Based on federal lands monitoring reports, wildfire accounted for 4.2%–5.4% of the gross older
forest losses compared to logging, which accounted for 1.2%–1.3% old-forest reductions [9]. Such losses
were within the 5% anticipated disturbance level for the NWFP area over this time frame; however,
fire-related losses were >5% in some dry forest ecoprovinces (5.5%–7.1% Washington Eastern Cascades;
12.2%–15.3% Klamath Oregon; and 7.0%–13.1% California) [9]. Thus, one primary accomplishment of
the plan was to drastically slow old forest losses from logging over the NWFP time period. Exceptions
include BLM lands in western Oregon, where the rate of old forest loss was >2 times that of U.S. Forest
Service lands over a 10-year period (Table 2).

Table 2. Estimated spotted owl habitat losses due to logging on U.S. Forest Service (USFS) vs.
Bureau of Land Management (BLM) lands under different time periods. Estimates obtained from
USFWS [43] data.

Federal Agency
Pre-Owl Listing (ha)

(1981–1990)
Anticipated Rates (ha)

(1991–2000)
Calculated Rates
(1994–2003) (%)

USFS (WA, OR) 25,910 15,951 4,187 (0.21)
USFS (CA) NA 1,903 669 (0.14)
BLM (OR) 8,907 9,474 1,988 (0.52)

Regional Total NA 27,328 6,844 (0.24)

NA = not available.

Notably, extinction rates of spotted owls at the territory scale have been linked to the additive
effects of decreased old-forest area and interference competition with barred owls [44]. Wiens et al. [39]
also reported that the barred owl’s competitive advantage over the spotted owl diminishes in spotted
owl territories with a greater proportion of late-successional habitat. Thus, conservation of large
tracts of contiguous, old-forest habitat is justified in any attempt to maintain northern spotted owls in
the landscape.

Spotted Owls and Fires—USFWS [40] assumes that fire is a leading cause of habitat loss to owls
on federal lands, However, few empirical studies have actually investigated northern spotted owl
response to fire absent post-fire logging in or around owl territories [45,46]. Spotted owls may be
resilient to forest fires provided low-moderate severity patches (refugia) are present within large fire
complexes to provide nesting and roosting habitat. In the dry portions of the owls’ range, where fire is
common, owl fitness is associated with a mosaic of older forests (nesting and roosting habitat) and open
vegetation patches (foraging areas; [47,48]). Such patch mosaics are produced by mixed-severity fires
characteristic of the Klamath and eastern Cascade dry ecoprovinces [49,50] that may have contributed
to maintenance of owl habitat historically [51]. However, if fire increases in severity or homogeneity of
burn patterns due to climate change [52,53] and if LSOG losses outpace recruitment rates over time, the
beneficial habitat effects of fire to owls would diminish. Currently, a deficit in high-severity fire exists
in most of western North America compared to historical levels [49,54]. Recruitment of older forests in
dry ecoprovinces of the region is projected to outpace fire losses for the next several decades [55].
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Despite uncertainties about owl use of post-fire landscapes, federal managers in dry ecoprovinces
have employed widespread forest thinning with the intent to reduce fire severity perceived as a threat
to owl habitat. However, forest thinning may lead to cumulative losses in owl habitat that exceed those
from severe fires. Using state transition models that accounted for recruitment of owl habitat over
time vs. presumed habitat losses from severe fires, Odion et al. [55] concluded that thinning of suitable
owl habitat at intensities (22% to 45% of dry forest provinces) recommended by USFWS [40] would
reduce LSOG three to seven times more than loss attributed to high-severity fires. Projected thinning
losses were consistent with empirically based studies of habitat loss from thinning that reduced
overstory canopy below minimum thresholds for owl prey species [56]. The tradeoff between fire risk
reduction and owl persistence in thinned forests has seldom if ever been systematically evaluated by
the federal agencies.

2.4. Marbled Murrelet Continues to Decline but at a Slower Rate

Murrelet Population Trends—This federally threatened coastal seabird, nests in older-aged forests
usually within 80-km of the coast from northern California to Alaska. The murrelet was listed as
threatened in the Pacific Northwest due to habitat fragmentation from roads and clearcuts that expose
murrelets to increased levels of nest predation [57–59]. Murrelet distribution and population trends are
determined by the amount of suitable nesting habitat within five coastal “conservation zones” from
Washington to California [60]. In general, as nesting habitat decreases murrelet abundance goes down,
although abundance is also related to near-shore marine conditions (e.g., fish-prey abundance). Over
the NWFP area, the trend estimate for the 2001–2013 period was slightly negative (~1.2%) (confidence
intervals overlapped with zero [60]). At the scale of conservation zones, there was strong evidence of a
linear decline in murrelet nesting populations in two of the five conservation zones both in Washington
State. Trends were downward (but not significant) in other NWFP states; declines in murrelets likely
would have been worse without the NWFP [60,61].

Murrelet Habitat Trends—About 1 million ha of potential suitable nesting habitat for murrelets
remained on all lands within the range of the murrelet at the start of the NWFP (estimate based on
satellite imagery [60]). Of this, only ~186,000 ha was estimated as high quality nesting habitat based
on murrelet nest site locations. Over the NWFP baseline (1993–2012), net loss of potential nesting
habitat was 2% and 27% on federal and nonfederal lands, respectively [60]. Losses on federal lands
were mostly due to fire (66%) and logging (16%); on nonfederal lands logging (98%) was the primary
cause of habitat loss [60]. In sum, loss and degradation of murrelet habitat resulted from: (1) logging
on nonfederal lands (i.e., State and private); (2) logging and thinning in suitable habitat and in habitat
buffers on federal lands, including within LSRs; and (3) a variety of natural and anthropogenic causes
including fire, windthrow, disturbance, and development [62].

Given that the availability of higher-quality nesting habitat is related to the carrying capacity of
murrelets, forest management should focus on conserving and restoring remaining nesting habitat.
The conservation strategy for murrelets, therefore, should include protecting remaining large patches
of older-aged forests with minimal edge, buffering nest sites from windthrow and predators, and
maintaining habitat connectivity. Maintaining the system of LSRs continues to be critical to murrelet
conservation as is balancing the short- and long-term management of forests within LSRs [60,61].
For example, thinning that accelerates creation of older forest conditions in forest plantations that
eventually become suitable to murrelet nesting can have short-term negative impacts, including
increasing access of predators (e.g., corvids) to murrelet nest sites, blowdown and unraveling of suitable
habitat, and changing the microclimate critical to temperature regulation and habitat availability [61].
Increased edge resulting from forest fragmentation can lower moss abundance needed for murrelet
nesting [63,64], and increase nest depredation rates by corvids, especially at the juxtaposition of large
openings and forests and in areas with berry producing plants such as elderberry (Sambucus sp. [65–67].
These factors underscore the need to maintain suitable buffers (suggested minimum widths of 91–183
m [57]) to minimize fragmentation and edge effects, and reduce windthrow and predation risk within
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LSRs and adjacent to suitable murrelet habitat [60]. Landscape condition, juxtaposition of occupied
murrelet habitat, and ownership should all be considered in thinning operations within LSRs or
adjacent to older-aged forests.

Impacts to murrelets would increase if fire frequency and severity were to increase due to climate
change. Greater storm intensity associated with climate change also may cause more windthrow,
especially in fragmented landscapes. Because murrelet nesting and foraging habitat appear sensitive
to climate variability [68], forest management for murrelets should consider the potential additive
effects of climate change and habitat fragmentation. Maintaining the LSR network, protecting all
occupied sites outside LSRs, and, in the long term, protecting all remaining habitat and minimizing
fragmentation and edge effects are essential conservation measures [60–62].

2.5. The Aquatic Conservation Strategy Has Improved Watershed Conditions

The Aquatic Conservation Strategy of the NWFP established Riparian Reserves and Key
Watersheds to restore and maintain ecological processes and the structural components of aquatic and
riparian areas [69]. Protective stream buffers in Riparian Reserves preclude most logging and Key
Watersheds are managed for water quality and habitat improvements for at-risk salmonids. Stream
conditions across 214 watersheds are being evaluated on federal lands in two eight-year sampling
periods (2002–2009 and 2010–2017, incomplete) [70].

At the regional scale, broad-scale improvements in pools (i.e., deep water pockets that provide
cover, food, thermal refuge for aquatic species), stream substrate, and aquatic macroinvertebrates were
observed between sampling periods, but no trend was detected in physical habitat features in riparian
area canopy cover condition or stream temperature (Table 3).

Table 3. Summary of aquatic trend analysis testing for linear relationship between sampling periods
(2002–2009 and 2010–2013, incomplete) [69]. Macroinvertebrates were based on an observed to expected
index (O/E) calculated by Miller et al. [69]. Pool scores were estimated by using the amount of fine (<2
mm) sediments that accumulate in the downstream portion of pools.

Aquatic Indicator Trend Estimate F-Test * p-Value

Physical habitat +0.1 0.33 0.59
Pools −0.21 6.22 0.03
Wood +0.09 3.14 0.11

Substrate +0.10 9.90 0.02
Macro-invertebrates O/E +0.01 10.84 0.02

Temperature −0.09 1.19 0.31

* Includes Kenward-Roger approximation. p < 0.05 is significant as described in Miller et al. [69]

At the NWFP level, moderate gains in upslope/riparian conditions occurred due to forest
ingrowth and road decommissioning; however, they were largely offset by declines in riparian forest
cover following large fires, particularly in reserve areas [69]. Notably, the Aquatic Conservation
Strategy anticipated that improvements in stream and habitat conditions would take place over many
decades; repeated monitoring confirms short-term benefits as noted but long-term goals have yet to
be realized [68,69,71]. With available data, watershed condition appeared best in Congressionally
Reserved lands (primarily designated Wilderness Areas), followed by LSRs, and the Matrix, although
statistical analysis could not be performed due to incomplete sampling [69]. Key Watersheds and
roadless areas encompass many of the remaining areas of high-quality habitat and represent refugia
for aquatic and riparian species [72]. Therefore, improved protection and restoration actions in those
areas are critically important to conserving aquatic biodiversity. We note that in the smaller number of
watersheds where riparian conditions have measurably declined in the past 25 years, largely due to
wildfire, we can expect a pulsed, very rapid improvement of instream conditions in the coming decades.
This is because of anticipated post-fire recruitment of large wood coupled with vigorous regrowth of
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vegetation in riparian areas and erosion-prone slopes—at least where these natural recovery processes
have not been disrupted and delayed by post-fire logging.

In a recent review of the NWFP’s Aquatic Conservation Strategy Frissell et al [73] documented a
host of reasons to recommend expansion of Riparian Reserves, and reduction in logging compared
to the original (baseline) NWFP. They recommended that Key Watersheds and LSRs receive more
stringent protection to ensure their contribution to aquatic conservation and salmon recovery. They also
called for more limits on or an end to post-fire logging, and more aggressive and strategically focused
reduction of road density and storm proofing improvements in roads that remain. The BLM and the
Forest Service, however, have increased logging in Riparian Reserves, are now proposing or suggesting
reductions in the width and extent of Riparian Reserves, and have pressed for increasing road system
density to provide access to more land for logging purposes. These agency recommendations do not
explicitly consider ongoing stressors from land management in the surrounding nonfederal lands or
increasing likelihood of climate-change-driven stress from drought, floods, and wildfire. Nor do they
deal with the adverse watershed impacts from thinning projects relative to their putative but highly
uncertain benefits for reducing the severity of future fire or insect outbreaks.

2.6. Climate Change and the NWFP

Climate change was not fully anticipated during development of the NWFP and thus represents
a new broad-scale stressor that would exacerbate earlier projected and realized cumulative impacts
to aquatic and terrestrial species and ecosystems throughout the region. Temperatures already have
increased by 0.7 ◦C from 1895–2011 [53] and are anticipated to rise another 2 ◦C–6 ◦C by late century
with warming most extreme during the summer [53,74]. Greater uncertainty exists in precipitation
projections due to variability in emissions scenarios and climate models; however, summertime
drying by the end of the century has higher certainty [53]. Summer drying coupled with increasing
temperatures will likely impact timing of salmonid migrations in snow-fed streams [53,75] and increase
future fire events [52,75].

Notably, a key characteristic of widely distributed species is that the dynamics of their multiple
local populations experience environmental variation asynchronously. This decoupling of the dynamics
of local populations within a metapopulation greatly increases overall persistence likelihood given
inevitable large-scale disturbances [76]. Persistence is achieved because the spatial distribution of
the species exceeds the spatial extent of most stochastic environmental events. Persistence may
be compromised, however, when climate change operates as a top-down driver over very large
spatial scales, increasing the synchrony of metapopulation dynamics and extinction probabilities
for late-successional species. Persistence likelihood in the face of disturbances was addressed in the
NWFP via redundancy and distribution of the reserve network but it is unclear whether the reserves
can accommodate unprecedented climate-related shifts. This does not mean that the reserves are
ineffective, just that they may not be as effective as hoped, and increasing the number and size of LSRs
would make the network more effective.

Environmental uncertainty caused by climate change also has implications for restoration
objectives of the NWFP. The NWFP assumed that young plantations can be restored to an older forest
condition, but this may be less certain as forest succession comes under the influence of novel climatic
conditions and perhaps increasingly altered disturbance regimes [52]. Thus, as forest conditions are
altered by climate change, this may impact the climate preferences of late-successional species (e.g.,
mesic species are expected to decline near coastal areas due to drying [24]). One important way to
reduce this uncertainty is to conserve more LSOG along north-facing slopes as potential micro-refugia
and a hedge against further losses [24].

2.7. Ecosystem Services and the NWFP

Older forests and intact watersheds generally provide a myriad of ecosystem services associated
with high levels of biodiversity [77,78]. Some examples of ecosystem services that have benefited from
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the NWFP include net primary productivity, water quality, recreation such as camping and hunting,
salmon productivity, and carbon storage and sequestration. Older forests with high biomass (>200 mg
carbon/ha, live above ground biomass of trees) most abundantly provide these services in aggregate
primarily on federal lands [79].

The storage of carbon on federal lands is especially noteworthy because the region’s high-biomass
forests are among the world’s most carbon dense forest ecosystems [80,81]. When cut down, these
forests quickly release about half their carbon stores as CO2 [82]. Reduced logging levels and increased
regrowth under the NWFP has resulted in the regional forests shifting from a net source of CO2 prior
to the NWFP to a net sink for carbon during the NWFP time period [83]. While most of the carbon
losses on federal lands are the result of forest fires, logging (mostly on nonfederal lands) remains the
leading cause of land-use related CO2 emissions [84]. Forests regenerating from natural disturbances
including fire also rapidly sequester carbon and can then store it for long periods via succession if
undisturbed. By comparison, logging places forests on short-rotation harvests, thereby precluding
long-periods of carbon accumulation [82,83].

3. Building on the NWFP

The NWFP was founded on the best available science of the time, and the plan’s reserve
network and ecosystem management approach remain fundamentally sound [1,16,40,61,85,86] (also
see http://www.fws.gov/oregonfwo/species/data/northernspottedowl/recovery/Plan/; accessed
on 29 July 2015). If federal agencies wish to retain the protective elements of the NWFP, then forest
plan revisions need to be based first and foremost on an adaptive approach to long-term goals as
informed by monitoring. Increases in conservation measures are warranted to accommodate new
scientific knowledge and unprecedented challenges from climate change and land-use stressors.

More recent climate change policies have been enacted since the NWFP that should be
incorporated into forest planning. Examples include President Barack Obama’s November 2013
Climate Change Executive Order directing federal agencies to include forest carbon sequestration in
forest management, the Council on Environmental Quality’s draft guidelines on reducing greenhouse
gas emissions from land-used activities (Federal Register Vol. 80, No. 35/Monday, 23 February 2015),
and emphasis on forest carbon and ecosystem integrity in forest planning on national forests [87].
Improvements to the NWFP’s ecosystem and conservation focus are especially relevant today given: (1)
the spotted owls’ precarious status, including increased competition with barred owls; (2) continuing
declines in murrelet populations; (3) other at-risk species recently proposed for listing (e.g., Pacific
fisher Martes pennanti, North Oregon Coast Range distinct population segment of the red tree vole
Arborimus longicaudus); (4) numerous forest associated invertebrates and lesser known species with
restricted ranges that are vulnerable to extinction as a result of climate change [24]; and (5) additional
ESU’s of Pacific salmon that have been listed with none recovered to the point of delisting. Recent
and ongoing land-use stressors acting alone or in concert, especially on nonfederal lands, also need to
be reduced along with improved forest management practices and stepped up conservation efforts
(Table 4).
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Table 4. Land use stressors, the Northwest Forest Plan (current), and suggested additions based on
adaptive management approaches.

Land Use Stressor NWFP Current Suggested NWFP Improvements

Climate-forced wildlife migrations LSRs, landscape connectivity via
riparian and other reserves

Enlarge LSR and riparian reserve network by protecting remaining
older and high-biomass forests in the reserve system, increase
connectivity for climate-forced wildlife displacement, reduce
management stressors, shift older forests to the reserves and forest
management to restoration of degraded areas, and identify and protect
climate refugia [24], especially for rare and endemic species (continue
the survey and manage program).

Livestock grazing

Aquatic Conservation Strategy
standards and guidelines provide
some protections for riparian and
other sensitive areas

Remove cattle from riparian areas and reduce overall grazing pressure
via large no-grazing zones given cumulative effects of grazing and
climate change [88].

Wildfire

Thinning for fuels reduction and
post-fire logging allowed in dry
province reserves (trees <80 years)
and Matrix

Prohibit post-fire logging in reserves, maintain all large snags in the
Matrix (other than legitimate road side hazards), continue to protect
older trees >80 years and maintain canopy closure at ≥60% in spotted
owl habitat in thinning operations [55]. Plan for wildland fire to achieve
ecosystem integrity objectives. Focus on flammable tree plantations and
work cooperatively with private landowners on fire risk reduction.

Forest carbon loss Not recognized other than if they
overlap with reserves

Optimize carbon storage by protecting high-biomass forests from
logging and by reducing logging frequency and intensity to sequester
more carbon. Choose management alternatives with low emissions
from forestry by making use of new assessment tools [89] (also see
http://landcarb.forestry.oregonstate.edu/summary.aspx; accessed on
29 July 2015).

Aquatic ecosystem degradation

Riparian Reserves, Key
Watersheds, LSRs, watershed
restoration, watershed
assessments/monitoring

Maintain or increase riparian buffer widths to ameliorate winter
erosion, sedimentation, and flooding, restore floodplain connectivity
and sinuosity, retain runoff and natural summer storage, increase
efforts to improve and decommission failing roads, identify cold water
refugia for increased protections [73,90], update watershed and LSR
assessments to incorporate carbon and climate change. Where possible,
support a closed forest canopy over perennial and intermittent streams
and fully restore recruitment of large downed wood, including by
prohibiting or severely limiting forest thinning in riparian reserves.

BLM Western Oregon Plan Revisions

A key contribution of the NWFP was its unprecedented emphasis on coordination among federal
agencies via an overarching ecosystem management approach. In particular, the BLM manages ~1
million ha within the NWFP area (http://www.blm.gov/or/plans/wopr/oclands.php; accessed on
29 July 2015). BLM lands collectively provide irreplaceable ecosystem benefits to people and wildlife
in western Oregon where there are relatively fewer national forest lands near the coast. Benefits
include some 480,000 ha of watersheds that overlap with Surface Water Source Areas that produce
clean drinking water for >1.5 million people from Medford to Portland, Oregon (State of Oregon
water quality datasets; http://www.deq.state.or.us/wq/dwp/results.htm; accessed on 29 July 2015),
connectivity and dispersal functions for wildlife linking the Coast and Cascade ranges (east-west,
north-south linkages) [91], and habitat for at-risk species (Table 5). Unfortunately, the BLM has signaled
its intent to move away from the Aquatic Conservation Strategy stream buffers and the survey and
manage protections (http://www.blm.gov/or/plans/wopr/oclands.php; accessed on 29 July 2015).
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Table 5. Summary of important ecological attributes of a subset of BLM lands in western
Oregon essential to the coordinated management of the Northwest Forest Plan (summarized from
Staus et al. [91]).

Attribute BLM Lands

Late-successional forests
360,000 ha of old growth (>150 years, 22% of BLM Land),
236,000 ha mature (80–150 years, 15% of totals for western OR)

Northern spotted owl critical habitat 400,000 ha (27% of BLM land); LSRs: 240,000 ha

Marbled murrelet critical habitat
~192,000 ha, 32% of total critical habitat in western OR, 83% of
which is within BLM LSRs

Evolutionary Significant Units of coho (Oncorhynchus kisutch)

~720,000 ha of coho ESU area, 260,000 ha of coho ESU’s in BLM
LSRs—35% of ESU area on BLM land. Of the 10,075 km of
spawning and rearing habitat within western Oregon, 12% is
located on BLM lands, 100% in Riparian Reserves, and 44% of
which is within LSRs.

Evolutionary Significant Units of chinook (O. tshawytscha)
~148,000 ha of ESU habitat, 16% of BLM land in western
Oregon; 25,200 ha of chinook ESU habitat in BLM LSRs—17%
of the total ESU area on BLM land.

Evolutionary Significant Units of steelhead (O. mykiss)

87,200 ha of steelhead ESU habitat, all of which is found in the
Salem and Eugene districts. Nine percent of BLM land in
western Oregon contains steelhead ESU habitat with 14,000 ha
of steelhead ESU habitat in BLM LSRs—16% of the total ESU
area across BLM land.

Key Watersheds

Western Oregon contains ~1.6 million ha of Key Watersheds,
61,600 ha (4%) of which are located within BLM LSRs. In the
Coast Range, LSRs protect 9% of Key Watersheds overall, over
25% of 10 of the 38 key watersheds in this area.

Survey and Manage Species

Of the 404 survey and manage species (primarily rare species
at risk of local extirpation) recognized in the NWFP, 149
species are found on BLM land and 93 are found within BLM
LSRs. LSRs in the Salem BLM District contain the highest
concentration of these species (54), followed by Roseburg (39),
and Coos Bay (35). Species include red tree vole (Arborimus
longicaudus, an important food source for spotted owls), and
many species of vascular plant, aquatic mollusk, lichen, fungi,
and bryophyte.

4. Robust Conservation Additions to the NWFP

The NWFP provided a much-needed starting-place for a robust conservation strategy on federal
forests in the face of climate change. For clarity, we organize our recommendations to improve the
plan based on widely recognized principles of conservation biology and ecosystem management that
also apply more broadly to large-landscape conservation planning.

4.1. Reserves

The large, well distributed, and redundant system of reserves was chosen based on
specific requirements for the northern spotted owl that are still supported by the best available
science [1,16,17,40–42,85]. At a minimum, we recommend continuation of the reserve network as a
foundation for at-risk species in a changing climate and with increased stressors in the surrounding
nonfederal lands. The NWFP reserves along with the survey and manage program function together as
precautionary measures for species that are less mobile (e.g., many endemics) due to increasing
stressors in the surroundings and climate change [19,24]. Given the redundancy and spacing
requirements of the reserve system to address owl viability requirements, the network is likely to
maintain older forest conditions over time by accommodating temporary losses from fire and other
natural disturbances without compromising the integrity of the network [2,9], unless disturbances
increase dramatically due to climate change [53]. The reserve system also is arranged along north-south
gradients, including the Coast and Cascade ranges, elevation gradients, and topographically diverse
areas, presumably allowing for climate-forced wildlife dispersal and climate refugia [24]. Large,
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contiguous federal ownerships and coordinated management of federal agencies under the standards
and guidelines of the NWFP should continue to allow for adaptive responses to climatic change. Blocks
of federal ownership also provide opportunities for wildland fire needed to restore and maintain
ecosystem processes across a successional gradient [10,92,93].

The NWFPs’ combination of coarse- and fine-filter approaches should continue to provide time
for many wildlife to adjust and adapt to changing climatic conditions. Any effort to scale-back the
reserves (as is currently being considered by federal agencies) must acknowledge that the NWFP
architects aptly recognized that LSRs, Riparian Reserves, and Key Watersheds fit together in a cohesive
manner to maintain long-term benefits to terrestrial and aquatic ecosystems. Reducing protections to
reserves would create cumulative impacts across ecosystems. With new stressors like climate change
and ongoing land-uses, reserve synergies and integrated strategies are even more important.

4.2. Forest Carbon

Regional carbon storage capacity can be increased if managers both protect carbon stores in older
high biomass forests and allow young forests to re-grow for longer periods [83,84]. Managing for
high-biomass forests is also associated with the multifunctionality of ecosystems because carbon dense
forests are associated with high levels of biodiversity and numerous other ecosystem services [79].
Prudent management should integrate forest carbon policies with multiple use management objectives
of federal agencies by optimizing carbon stored in older forests and extending timber harvest
rotations to allow for longer periods of carbon sequestration and storage. Thus, forest managers
can select management alternatives to minimize carbon flux from logging and land-uses by evaluating
alternatives based on new carbon assessment tools (Table 4).

4.3. Aquatic Conservation

The variety of requirements for watershed analysis, reserve assessments, and monitoring under
the NWFP has provided a foundation for tracking the plan’s implementation objectives for aquatic
ecosystems, at least at a regional scale. With improvements, aquatic ecosystem monitoring could
provide integrated and sensitive indicators of ecosystem changes associated with climate shifts. Current
Aquatic Conservation Strategy provisions, therefore, could be strengthened to help make aquatic
ecosystems more resilient to climate change by (1) lessening cumulative watershed impacts particularly
from the extensive road network on federal lands; (2) reducing the imprint of management disturbance
on relatively high-integrity watersheds and roadless areas; (3) emphasizing maintenance of riparian
areas, shade, floodplain processes, and recruitment of large wood from both near stream areas and
unstable slopes; and (4) restoring migratory connectivity and fish passage to allow cold-water fisheries
a better chance to occupy refugia less stressed by climate change.

4.4. At-Risk Species Recovery

Our understanding of threats to at-risk species has greatly advanced since passage of the
Endangered Species Act (ESA) in 1973 and the NWFP in 1994. Specifically, the recognition that
avoiding extinction is different than achieving recovery when it addresses the original ESA goal of
“ . . . preserving the ecosystems upon which threatened and endangered species depend.” Hence,
implementation of the NWFP and enforcement of the ESA are linked objectives that together provide
for the ecosystem and population needs of at-risk species among a host of other benefits.

To build on the complementarity of the NWFP and ESA, we recommend that at-risk species
recovery (e.g., spotted owl, marbled murrelet, Pacific salmon) on federal lands include more habitat
protections to reduce interactions with their competitors (e.g., spotted owls vs. barred owls), maintain
genetic diversity [94], provide for resilient populations, and enable multiple local populations to be
well-distributed throughout the NWFP area. Additionally, at least until land-use stressors are reduced,
the survey and manage program should be continued to avoid the need for listing future at-risk species
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and expanded to include species that require complex early seral forests [10]. Managers can then select
a broad suite of focal species that depend on all segments of successional gradient.

4.5. Adopting New Policies and Approaches

The foundation of the NWFP can be easily amended to accommodate new scientific information
and elevated and novel stressors by building on its foundational elements (e.g., reserves, stream buffers,
survey and manage). This can best be accomplished by incorporating recent national forest policies that
emphasize ecosystem integrity [87] and climate change planning on federal lands (President Barack
Obama’s 2013 Climate Change Executive Order), reducing land-use stressors, and maintaining or
restoring landscape connectivity to enable climate-forced wildlife migrations (Figure 3). Additionally,
recent mapping of high-biomass forests [84] and carbon accounting in forestry practices (http://
landcarb.forestry.oregonstate.edu/summary.aspx; accessed on 29 July 2015) provide new opportunities
for retaining carbon in older forests while reducing forestry related CO2 emissions.

Figure 3. Integrating ecosystem management and conservation biology with recent forest policies
related to climate change (e.g., President Barack Obama’s 2013 Climate Change Executive Order), forest
carbon, and ecosystem integrity in forest planning [87].

5. Conclusions

The foundation of the NWFP is its reliance on best available science for conserving, restoring, and
responsibly managing federal lands within the range of the northern spotted owl and, for the first time
ever, an entire ecosystem, which is why it is considered a global model [1]. Although the plan is only
two decades into its century-long implementation, its key conservation goals and species recovery
mandates are far more likely to be met with the plan’s management and conservation measures intact.

As forest plan revisions go forward in the region, the reserve network needs to be expanded
in response to increasing land-use stressors to ecosystems and at-risk species, and to provide for a
more robust conservation framework in response to climate change. Climate change may trigger more
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forest fires in places and, correspondingly, more logging and livestock grazing as these practices
almost always follow forest fires on federal lands. Notably, burned forests successionally link
complex early seral forests [10,11] to future old-forest development [92] and are not ecological
disasters as often claimed. Depending on fire severity, burned forests provide nesting and roosting
(low-moderate severity) or foraging (high severity) habitat for spotted owls [45,46,51]. Federal
managers, however, have increasingly proposed massive post-fire logging projects that degrade
complex early seral forests [95] and spotted owl habitat [45,46], and that can elevate fuel hazards
and re-burn potential [96,97]. Post-fire logging over large landscapes may cause type conversions
whereby fires burn intensely in logged areas only to be replanted in densely stocked and flammable
tree plantations to burn intensely again in the next fire and so on [98]. Livestock grazing in combination
with climate change is also now the biggest impact to biodiversity on federal lands that needs to be
offset by new protections such as large blocks of ungrazed areas [88].

In sum, changes in ecosystem management practices on federal lands, triggered by the
NWFP, have for the most part arrested an approaching ecosystem-wide collapse set in motion by
decades of large-scale logging and mounting land-use stressors. Implementation of the plan has
been challenging due, in large part, to socio-economic pressures to increase logging without full
consideration of the environmental consequences and understanding of the science and conservation
principles underpinning the NWFP. Moreover, despite substantive improvements in federal land
management practices compared to those previous to the NWFP, amendments that respond to
emerging contemporary threats are clearly needed. Scientific information and robust conservation
principles can provide federal managers with the knowledge needed to adapt the next generation of
forest plans. Improvements should be grounded in careful evaluation of the effects of past actions
along with ongoing and future stressors as they pertain to the region’s underlying ecological fabric
and its link to sustainable economies. Science-based revisions of the plan should seek to improve its
implementation in an adaptive context by addition rather than subtraction. Unfortunately, attempts to
revise the plan have been bogged down by ongoing controversy over timber vs. biodiversity values
that has led to a perpetual tug-of-war between decision makers that either support or seek to dismantle
the NWFP. If this trend continues, federal land management may regress and recreate many of the
problems the NWFP was implemented to correct, including re-inflamed social conflict, a cascade of
endangered species listings, permanently increased conservation burdens on private landowners due
to additional endangered species listings, and loss of ecological integrity that underpins the region’s
ecosystem services and their adaptive capacity to climate change.
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We discovered two typos and a change in a sentence needed in our published manuscript.
Regarding the typos: timber estimates in Section 2 of the NWFP’s Long-Term Objectives should
have been 2.34 million cubic meters annually instead of 234 million cubic meters annually and
~1.78 million cubic meters instead of 178 million cubic meters annually. The statement regarding
murrelet populations—“Trends were downward (but not significant) in other NWFP states” should
be deleted in this paper [1]. The authors would like to apologize for any inconvenience caused to the
readers by these changes.
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