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Editorial

Feature Papers in Ecotoxicology
Valerio Matozzo * and Maria Gabriella Marin

Department of Biology, University of Padova, Via Bassi 58/B, 35131 Padova, Italy; mgmar@mail.bio.unipd.it
* Correspondence: matozzo@mail.bio.unipd.it

Ecotoxicology has progressively evolved as a key scientific discipline for evaluating
the impact of both traditional and emerging contaminants on ecosystems. Initially focused
on the toxic effects of conventional pollutants such as heavy metals and pesticides, this
field has expanded to address a wide array of emerging contaminants, including phar-
maceuticals, personal care products, and microplastics, which pose complex and often
subtle ecological risks [1,2]. Advances in molecular and omics technologies have enhanced
the sensitivity and specificity of ecotoxicological assessments, allowing for the detection
of sub-lethal and long-term effects on non-target species and communities [3]. As regu-
latory frameworks increasingly incorporate ecotoxicological data, this discipline plays a
vital role in environmental risk assessment and the development of sustainable pollution
management strategies [4].

The collection of research and review papers presented in this Special Issue, “Feature
Papers in Ecotoxicology”, highlight recent developments in assessing the ecological and
biological impacts of various contaminants, including pesticides, nanoplastics, rare-earth
elements (REEs), bisphenols, per- and polyfluoroalkyl substances (PFASs), nanomateri-
als, and endocrine-disrupting chemicals, in various species. These studies offer critical
insights into the ecotoxicological mechanisms underlying pollutant exposure and help
in identifying key knowledge gaps that must be addressed to improve environmental
protection strategies.

A significant theme emerging from this Special Issue incorporates the unintended
ecotoxicological consequences of materials designed to provide safer alternatives to tradi-
tional pollutants. While biopesticides are generally perceived as environmentally friendly,
research on Allium cepa has shown that even natural and microbial formulations can exert
cyto-genotoxic effects comparable to conventional pesticides, raising concerns in relation
to their large-scale application. This underscores the necessity for thorough pre-market
testing and long-term ecological impact studies.

Nanoplastics, another growing threat, have been found to affect marine species. The
presence of additional environmental stressors, such as salinity fluctuations, can exacerbate
the toxicity of contaminants such as REEs, affecting reproductive success and popula-
tion dynamics in marine species. Similarly, the combination of bisphenol A (BPA) with
polystyrene nanoparticles suggests that multiple stressors can have compounding effects,
potentially amplifying their toxicity beyond individual exposure outcomes.

The persistence of PFASs in the environment continues to raise concerns due to their
bioaccumulative properties and adverse effects on cellular and neuronal function. These
findings reinforce the urgency of investigating long-term exposure impacts and developing
viable remediation strategies. Likewise, bioaccumulation pathways through food webs,
as observed in bivalves consuming bisphenol-exposed microalgae, highlight the need to
assess risks associated with the trophic transfer of chemical pollutants.

J. Xenobiot. 2025, 15, 62 https://doi.org/10.3390/jox15030062
1



J. Xenobiot. 2025, 15, 62

Innovative experimental models, such as three-dimensional (3D) fish hepatocyte
cultures, are proving to represent valuable tools for replicating in vivo responses to con-
taminants. These cell models provide new opportunities to study the molecular and
biochemical effects of pollutants, facilitating more ethical and efficient toxicity screening.
Similarly, studies on engineered nanomaterials, such as ZnS quantum dots, reveal how
nanoparticles can disrupt primary producers such as microalgae, potentially altering entire
aquatic ecosystems.

While these studies advance our understanding of ecotoxicological threats, they also
expose critical knowledge gaps. There is a pressing need for the following work:

- Long-term and multigenerational studies to assess chronic and transgenerational
effects of pollutants;

- Integrated multi-stressor assessments to understand how environmental factors inter-
act with contaminants;

- Improved regulatory frameworks that account for emerging pollutants and their
complex environmental interactions;

- Scalable and sustainable remediation techniques, for example, assessing the potential
of bamboo-derived biochar for pollutant removal, which remains underexplored.

As environmental pollution continues to develop, so too must our approaches to miti-
gating its effects. The research presented in this Special Issue highlights both the urgency
and the possibility of advancing ecotoxicology through interdisciplinary collaboration,
innovative methodologies, and forward-thinking policies. Addressing these challenges will
not only enhance scientific knowledge but also drive the implementation of meaningful
environmental protection measures in an increasingly complex and contaminated world.
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Abstract: It is well known that modern agriculture would not be able to meet the current
demand for food without the help of pesticides. However, conventional pesticides have
been proven to be extremely harmful to the environment, to the species they are applied
to, and, ultimately, to humans. As a result, bio-pesticides have been introduced in recent
years and include natural substances that control pests, such as biochemical pesticides,
microorganisms used as pest control agents (microbial pesticides), and pesticide substances
produced by plants containing added genetic material, known as plant-incorporated pro-
tectants (PIPs). Although these are natural products, their widespread use has led to an
increased presence in the environment, raising concerns regarding their potential impact
on both the environment and human health. The aim of our study was to determine the
phyto- and cytogenotoxicity caused by two insecticides, both certified for use in ecological
agriculture: one biochemical (BCP) and the other microbial (MP), which were applied in
three concentrations (the maximum recommended concentration by the manufacturers
(MRFC), 1.5X MRFC, and 2X MRFC) to the meristematic root tissues of Allium cepa. The
results were compared to a negative control (tap water) and a positive control (a chemical
pesticide (CP) containing mainly Deltamethrin). Phytotoxic and cytogenotoxic effects were
analyzed at two time intervals (24 and 48 h) by measuring root length, growth percentage,
root growth inhibition percentage (phytotoxicity tests), and micronuclei frequency and
chromosome aberrations (anaphase bridges, chromosomal fragments, anaphase delays,
sticky chromosomes, laggard/vagrant chromosomes) (cytogenotoxicity analyses), respec-
tively. The tests conducted in this study showed that the microbial insecticide provides
greater safety when applied, even at higher doses than those recommended by the man-
ufacturers, compared with the biochemical insecticide, whose effects are similar to those
induced by the chemical pesticide containing Deltamethrin. However, the results suggest
that both insecticides have clastogenic and aneugenic effects, highlighting the need for
prior testing of any type of pesticide before large-scale use, especially since the results of
the A. cepa tests showed high sensitivity and good correlation when compared to other test
systems, e.g., mammals.

Keywords: bio-pesticides; A. cepa assay; cytogenotoxicity; phytotoxicity; bio-pesticides

1. Introduction
According to the HSE (Health and Safety Executive—Britain’s national regulator for

workplace health and safety), pesticides, also known as ‘plant protection products’ (PPP),

J. Xenobiot. 2025, 15, 35 https://doi.org/10.3390/jox15020035
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are used to control pests, weeds, and diseases, being divided into insecticides, fungicides,
herbicides, molluscicides, and plant growth regulators. They can exist in many forms,
such as solid granules, powders, or liquids, and consist of one or more active substances
co-formulated with other materials [1].

Pesticides are indispensable in modern agricultural production because they allow to
obtain increased quantities of products. It is estimated that without the use of pesticides,
there would be a 78% loss in fruit production, a 54% loss in vegetable production, and
a 32% loss in grain production [2]. According to Carvalho, 2017, pesticide production
increased at a rate of about 11% per year, from 0.2 million tons in the 1950s to more than
5 million tons by 2000 [3], with over three billion kilograms of pesticides used worldwide
every year [4]. However, only 1% of total pesticides are effectively used to control insect
pests on target plants [5], most of the amount used remaining in the environment or acting
on non-targeted species [6,7]. Therefore, the indiscriminate use of pesticides has led to
serious health and environmental risks [8–11]. Due to the increased concerns regarding
the environmental and health effects of pesticides, intensive research efforts were put
into understanding farmers’ pesticide use behavior and also in developing new types of
pesticides, with a minimum to no effect on the environment or non-targeted species. Cur-
rently, alternative solutions are being considered and sought after. One of the sustainable
solutions is the use of bio-pesticides, as they can be less toxic than chemical pesticides, can
be highly specific to the target pest, break down quickly, and have less chance of developing
resistance [12].

According to the EPA (United States Environmental Protection Agency), bio-pesticides
include naturally occurring substances that control pests (biochemical pesticides), microor-
ganisms that control pests (microbial pesticides), and pesticide substances produced by
plants containing added genetic material (plant-incorporated protectants) or PIPs [13].
While conventional pesticides are usually artificial synthesized chemicals that directly kill
pest, the bio-chemical pesticides are naturally occurring substances that can be used to
control pests through non-toxic mechanisms. Microbial pesticides consist of microorgan-
isms (e.g., a bacterium, fungus, virus or protozoan) as the active ingredient and can control
many kinds of pests, although each separate active ingredient is relatively specific for a
target pest [14,15].

Even with the emergence of these new bio-pesticides, in the intensive agriculture, the
continuous increase in requirements for agricultural products leads to an inappropriate,
often indiscriminate, use of pesticides and fertilizers. Therefore, the lack of adequate
management and studies to monitor the impact of these products both on the environment
and on plants themselves can have a negative impact on human health as well [16–18].

Some of the most used methods for evaluating the toxic effect of pesticides, including
insecticides, are phyto- and cytogenotoxicity assays [19,20]

Usually, phytotoxicity tests are used for assessing the impact of various compounds
on seed germination and subsequent growth, while plant cytogenotoxicity tests evaluate
the impact of a chemical compound on the cell cycle, chemicals that can induce different
types of chromosome aberrations (CA). CA represents modifications in either chromosomal
structure (due to DNA breaks, inhibition of DNA synthesis and replication of altered DNA)
or in the total number of chromosomes (e.g., aneuploidy and polyploidy, as consequences
of abnormal segregation of chromosomes) [21,22]. There is a large amount of research
indicating that analysis of the different chromosome aberration types in all phases of
the cell cycle permits a more comprehensive and accurate evaluation of the clastogenic
and/or aneugenic effects of the tested agents [21,23–26] and points that modifications like
chromosome bridges and breaks are indicators of a clastogenic action, whereas chromosome
losses, delays, adherence, and multipolarity result from aneugenic effects [27,28].

5
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The A. cepa bioassay has been used since 1930 to detect the effect of different chemical
compounds on the plant genome and is still widely applied today because it is simple,
reliable, cheap, and accessible [29–31]. Moreover, many studies have identified similarities
between the negative effects (e.g., causing CAs) of some pesticides on cellular DNA from
A. cepa and from various mammalian species, including humans [29–31]. For example,
Fiskesjö [32], when studying the effect of a number of compounds (salt solutions, industrial
wastewaters, etc.), showed that the sensitivity of the Allium test was on the same level as
the test on human lymphocytes, while Rank and Nielsen [33] indicated an 82% correlation
between A. cepa tests and carcinogenicity tests in rodents when testing the effect of five
mutagenic or carcinogenic chemicals usually found in wastewater. In another study regard-
ing the cytogenetic effect of pyrethroid insecticides, Chauhan et al. [30] reported a good
correlation between the A. cepa test system and those on mammals (rodents’ bone marrow
and human lymphocytes), suggesting that the A. cepa test can be validated as an alterna-
tive to the mammal test systems for monitoring the genotoxic potential of environmental
chemicals, such as pesticides.

A. cepa has a small genome (2n = 16) and large chromosomes, which makes it possible
to observe their behavior during mitotic divisions [31,34] and allows for the evaluation
of different genetic effects, as well as understanding the action mechanisms of various
categories of chemical compounds [21].

In this research, the A. cepa bioassay was used to assess the phytotoxic and cytogeno-
toxic impact of two bio-insecticides administered in different concentrations (the maximum
dose recommended by the manufacturers and higher). The two tested insecticides belong
to two different categories: one is included in the “bio-chemical pesticides” class (BCP) and
contains Spinosad, Propanediol, and 1,2 Benzothiazoline, and the other one belongs to the
“microbial pesticides class” (MP) and contains Bacillus thuringiensis, Lysinbacillus sphaericus,
Bacillus subtilis and other components), certified to be used in ecological agriculture.

The use of positive control (PC), i.e., a compound known to cause various cytotoxic
and genotoxic changes, is essential [19,35,36]. Many of the insecticides used wordwide
contain Delthametrin [37] and, according to the IOBC (International Organization of Bio-
logical Control) rating, Deltamethrin is placed in category 2 level of toxicity, which can be
interpreted as moderately harmful [38]. Therefore, Deltamethrin was used as a positive
control because, in numerous studies, it proved to be toxic to plants and animals [39–45].
The potentially harmful effects of improper use of these pesticides on the environment and
humans can thus be established.

2. Materials and Methods
2.1. Plant Material

Approximately equal sized (~2–2.5 cm diameter) and healthy onion bulbs (Allium cepa L.,
2n = 16) were purchased at a local vendor and then carefully cleaned in order not to destroy
the root primordia. The experiments were performed in triplicate for each treatment
applied to onion bulbs.

2.2. Insecticide Solutions

Two insecticides from distinct categories of pesticides were tested: (1) a biochemical
pesticide (BCP) that contains Spinosad (22.8%), Propanediol (≥3.0–<10.0%), polyalkylene
glycol (≥3.0–<10.0%), and 1,2 Benzothiazoline (<0.05%) [46] and (2) a microbial pesticide
(MP) containing super concentrated extract of feeding inhibitors, Bacillus thuringiensis
1 × 108 CFU, Lysinibacillus sphaericus 1 × 108 CFU, Bacillus subtilis 1 × 108 CFU, and other
components (20% mineral oil USP, 30% super concentrated vegetable extract, 50% glycerol,
0.5% red dye). Both insecticides are certified to be used in ecological agriculture, being

6
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considered effective against different species from Coleoptera, Lepidoptera, Thysanoptera,
and Diptera orders that attack fruit trees, vegetables, and grape crops.

The positive control was represented by a chemical pesticide (PC) containing
mainly Deltamethrin (10.5%) but also 2-Methylpropanol (1.00–3.00%), 2,6-Di-tert-butyl-4-
methylphenol (0.10–0.25%), cyclohexanone (1.00–40.00%), aromatic hydrocarbons (20.00%),
Benzenesulfonic acid, mono-C11-13 branched alkyl derivates, and calcium salts (1.00–5.00%).

In this assay, the three concentrations used were the maximum dose recommended
by the manufacturers (MRFC), 1.5X MRFC and 2X MRFC. The experimental design and
concentrations are presented in Table 1.

Table 1. The percentage concentration of insecticide solutions in the two experimental variants and
in the positive control.

Experimental Variant Insecticide Concentration (%)
PC BCP MP

MRFC (1X) 0.031 0.04 2
1.5 MRFC (1.5X) 0.046 0.06 3

2 MRFC (2X) 0.062 0.08 4
MRFC = maximum recommended field concentration, 1.5X = 1.5-fold higher than MRFC, 2X = twofold
higher than MRFC, PC = positive control (insecticide with Deltamethrin), BCP = bio-chemical insecticide,
MP = microbial insecticide.

As negative control (NC), healthy onion bulbs grown only in tap water throughout
the experiment were used.

For the preparation of the solutions for each of the three insecticides used (MP, BCP,
and PC), the manufacturer’s instructions were followed. For example, in the case of MP,
a concentration of 2% is recommended (i.e., 100 mL of insecticide solution diluted in 5 L
of water). This was considered the MRFC (1X) experimental variant. The subsequent
experimental variants (1.5 MRCF and 2 MRCF) were obtained by further adding insecticide
solution in the same water volume (5 L), according to the desired concentrations. The
same procedure was applied to all the insecticides. Since each experimental variant was
performed in triplicate, the initial volume of the solution was 5 L to avoid any potential
variation in the concentration of the solutions.

2.3. Phytotoxicity Assay

Prior to initiating the test, the outer scales of the bulbs and the dry bottom plate were
removed without destroying the root primordia and germinated for 24 h in tap water, until
the root primordia were visible. Then, the onion bulbs were transferred into the tested
insecticide solutions. The negative control was further incubated in tap water.

The bulbs were allowed to sprout and grow for another 24 h and 48 h at room
temperature (25 ± 2 ◦C), respectively. Numbers of sprouted roots were counted after each
time interval and the root lengths were measured with the help of a calibrated ruler.

After each time interval, the length of the emerged roots was measured, and growth
percentage and root growth inhibition percentage were computed using the following formulas:

Growth % =
Average root length in control plants
Average root length in treated plants

× 100 (1)

Root growth inhibition = Growth % in control plants−Growth % in treated plants (2)

2.4. Cytogenotoxicity Assay

Six root tips, about 0.5 cm long, were randomly removed from each of the three
replicates/treatment/time intervals and fixed in 3:1 absolute ethanol/glacial acetic acid
for 24 h at 4 ◦C. The Feulgen staining, followed by the squash method, was applied to

7
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make the cytogenetic slides. The method involves hydrolysis with 1 N Hydrochloric acid
(HCl) at a temperature of 60 ◦C and staining with basic fuchsin. After this treatment, the
chromatin of the chromosomes stains red-violet, while the ribonucleic acid in the nucleoli
and cytoplasm does not stain. The best slides in terms of biological material mounting,
staining, and cellular integrity were selected for further analysis, which involved examining
500 cells/microscope slides.

The microscopic slides were visualized under the optical microscope with 10X, 20X,
and 60X objectives. The photography was performed digitally with the Dino-Eye Eyepiece
Camera (Dino-Lite Europe, IDCP B.V, Almere, The Netherlands) using the DinoCapture
2.0 (Windows) program.

For the cytogenotoxicity assay, for both time treatments (24 h and 48 h), mitotic
index (MI), the % of cells in each mitotic phase were analyzed. MI was calculated using
Formula (3).

MI =
Number of dividing cells

Total number of cells
× 100 (3)

Then, micronuclei (MN) frequency and the number of chromosome aberrations
(anaphase bridges, chromosomal fragments, anaphase delays, sticky chromosomes, lag-
gard/vagrant chromosomes) were determined.

2.5. Statistical Analysis

All samples and controls were prepared in triplicate. The results are represented as
the mean values ± their respective standard deviations. The phytotoxic and cytogenotoxic
effects of different insecticide concentrations on A. cepa root cells were compared using
a two-way analysis of variance (ANOVA). Means were compared with a t-test (p < 0.05),
and the Bonferroni post-tests were applied to identify the statistical differences between
the various test samples and the control. The Bonferroni test was applied because it is a
statistical test used to reduce the instance of a false positive, being designed, in particular, to
prevent data from incorrectly appearing to be statistically significant [47–50]. All statistical
analyses were performed using the Data Analysis Tools in Microsoft Excel 2016. Differences
between corresponding controls and exposure treatments were considered statistically
significant at p < 0.05.

3. Results and Discussion
3.1. Root Germination and Growth Inhibition

The present study was carried out to determine the effect of different concentrations
of two commercially available insecticides certified to be used in ecological agriculture,
on germination and root elongation of A. cepa bulbs. The three tested concentrations
were chosen considering the fact that today many farmers use phytosanitary products and
especially insecticides in excess, often applying treatments with much higher concentrations
than those recommended. This situation can be explained by the fact that using the
maximum recommended doses or above can avoid or reduce the spread of insecticide-
resistant insects [51].

As is shown in Table 2, the root length is negatively correlated with insecticide concen-
tration and treatment time. For example, for BCP-treated samples, a significant reduction
in the root’s length was observed at each of the three tested concentrations. The mean value
of this parameter, after 48 h of treatment, was 0.75 ± 0.1, 0.82 ± 0.2, and 0.57 ± 0.2 com-
pared with the negative control (NC) (2.75 ± 1.5). The level of root growth inhibition was
comparable between the plants treated with Deltamethrin (PC) and the ones treated with
BCP after 48 h of treatment (Table 2) and were correlated to the root number: at 48 h, the
number of roots for PC plants was 30.5 ± 1.5 (at 1X experimental variant), 35 ± 7.7 (at 1.5X),
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and 31 ± 4 (at 2X), while for the BCP treated bulbs the values were even lower (28.5 ± 4.9;
19.5 ± 9.1, and 13.5 ± 0.7, respectively). These results indicate that the pesticides under-
study were phytotoxic and that the level of this effect is concentration dependent.

Table 2. Comparative root length, root number, and root growth inhibition of A. cepa exposed to
various concentrations of insecticides after 24 and 48 h.

Treatment Root Length (cm)
(Mean ± SD)

No. of Roots
(Mean ± SD)

Root Growth
Inhibition (%)

NC
24 h 2.2 ± 1.8 30.5 ± 2.04 -

48 h 2.75 ± 1.5 37 ± 1 -

PC

1X
24 h 1.025 ± 0.6 46 ± 1.6 53.41

48 h 1.075 ± 0.9 30.5 ± 1.5 60.91

1.5X
24 h 0.675 ± 0.4 42 ± 0.8 69.32

48 h 0.8 ± 0.6 35 ± 7.7 70.91

2X
24 h 0.625 ± 0.3 45.5 ± 2.85 71.59

48 h 0.55 ± 0.54 31 ± 4 80.00

BCP
insecticide

1X
24 h 1.52 ± 0.1 41 ± 1.4 30.91

48 h 0.75 ± 0.1 28.5 ± 4.9 72.73

1.5X
24 h 0.93 ± 0.5 20 ± 0.1 57.73

48 h 0.82 ± 0.2 19.5 ± 9.1 70.18

2X
24 h 0.68 ± 0.2 27.5 ± 3.5 69.09

48 h 0.57 ± 0.2 13.5 ± 0.7 79.27

MP
insecticide

1X
24 h 1.85 ± 0.7 30.5 ± 9.1 15.91

48 h 2.45 ± 0.7 34 ± 7.07 10.91

1.5X
24 h 1.7 ± 0.6 29 ± 8.4 22.73

48 h 2.42 ± 0.5 33 ± 1.6 12.00

2X
24 h 2.37 ± 0.4 33.5 ± 0.7 −4.45

48 h 3.3 ± 0.2 37.5 ± 0.1 −20
1X = MRFC = maximum recommended field concentration, 1.5X = 1.5-fold higher than MRFC, 2X = twofold higher
than MRFC, SD = standard deviation, NC = negative control (distilled water), PC = positive control (insecticide
with Deltamethrin), BCP = bio-chemical insecticide, MP = microbial insecticide.

The lowest level of root growth inhibition was recorded for MP, with the values
ranging from 10.91% (1X variant—48 h of treatment) to a maximum of 22.73% (1.5X variant–
after 48 h of treatment), values that are also correlated with the number of roots. These
findings indicated that MP insecticide might have a very low to no phytotoxic effect, even
when applied at a higher concentration than the one recommended by the manufacturer.
Very intriguing observations were made for the 2X experimental variant, for which, at both
time intervals (24 h and 48 h), higher values of root length and no. of roots were registered
and, therefore, the calculated % of root growth inhibition had negative values (−4.45% at
24 h and −20% after 48 h). These results are consistent with the length and, respectively,
the number of roots after 24 h and 48 h of treatment with MP 2X. Thus, after 24 h, the root
length in 2X MP insecticide was 2.37 ± 0.4 cm vs. 2.2 ± 1.8 cm in NC, and after 48 h of
treatment, the difference was even greater, 3.3 ± 0.2 cm vs. 2.75 ± 1.5 cm. Root number was
also higher for 2X MP: 33.5 ± 0.7 after 24 h and 37.5 ± 0.1 after 48 h treatment compared
with 30.5 ± 2.4 and 37 ± 1 in NC. These results might be explained by the presence, in
larger quantities, of the bacteria contained in MP. Many phytostimulants are known to
work through growth hormones (e.g., auxins that promote root growth, and gibberellins

9



J. Xenobiot. 2025, 15, 35

that cause stem elongation and flowering) and help regulate these hormones to improve
plant growth [52]. Also, certain beneficial microorganisms, like plant-growth-promoting
rhizobacteria (PGPR), stimulate plant growth by producing growth-promoting substances
or improving the plant’s resistance to disease [53]. MP contains three microbial strains
(Bacillus thuringiensis, Lysinibacillus sphaericus and Bacillus subtilis). There are a number of
scientific papers that assessed the phytostimulation effect of B. thuringiensis [54,55]. Jensen
et al. [56] showed that some B. subtilis strains can promote, in vitro, the increase of shoot
and root surface area in A. thaliana, while Martínez et. Dussan [57] showed that L. sphaericus
could be a key organism in some formula of biofertilizers, as it shows potential in the
phytoremediation processes, in crop plant nutrition, and in growth in low nutrient and
polluted soils.

In this context, it could be considered that MP had a phytostimulatory effect on root
growth in A. cepa when it was applied ina 2X MRFC concentration.

3.2. Chromosomal Aberrations and Micronuclei Induction

The cytotoxic potential of new-generation insecticides on A. cepa root tip cells was
investigated using microscopic analysis in order to observe disturbances on mitotic division
and chromosomal aberrations. The analyses focused on cytogenetic changes both in
interphase and during all stages of the mitotic division: prophase, metaphase, anaphase,
and telophase.

For the four stages of the mitotic division, there was a greater variation in the per-
centage values of the dividing cells under the action of insecticides (BCP, MP, and PC)
compared with NC, in which no significant differences were observed regardless of the
duration of the experiment (Table 3).

The MI (mitotic index) of root meristematic cells decreased as insecticide concentra-
tion and exposure time increased in almost all treatments compared with the negative
control (NC). These results proved the alteration exerted by insecticides on the growth and
development of the meristematic cells of the root of onion bulbs, MI being an important
parameter in monitoring the effect of different chemical substances on the environment
and an appropriate indicator of the cytotoxicity level [21]. The highest MI values were
observed in plants of NC, reaching 33.75% at 24 h and 45.25% at 48 h, which indicated
normal mitotic activity. On the other hand, differences regarding the MI value varied
depending on the type of insecticide used and its concentration. For example, in A. cepa
bulbs treated with BCP, all concentrations tested (except the 0.04%, 1X, after 24 h) generated
statistically significant MI decreases when compared to the negative control (Table 3). The
lower MI (16.25%) was obtained for 1X experimental variant after 48 h of exposure, while
for the other treatments, the values varied between 18.8% (2X after 24 h) and 21.38% (2X
after 48 h). These results suggest that BCP insecticide might have an inhibitory effect on
cell division.

MP treatment had a statistically significant inhibitory effect on A. cepa only at the
3% concentration (1.5X): MI after 24 h was 24.75 and 27.5 after 48 h compared with 33.75
at 24 h and, respectively, 45.24 at 48 h in NC (Table 3). For the 2X experimental vari-
ant (4% MP concentration), the registered MI index was lower than in controls but not
statistically significant.

This effect can be explained by the fact that the insecticide has a clastogenic effect
(because clastogenic agents can cause a reduction in MI [58] due to chromosomal frag-
mentation) but also aneugenic (because aneugenic agents, having cell division disturbing
properties, can temporarily increase MI before causing cycle arrest or apoptosis [59,60]).

10



J. Xenobiot. 2025, 15, 35

Table 3. Cytogenetic analysis of A. cepa root tips exposed to insecticides in correlation with the
concentration and time of exposure.

Treatment TNDC ± SD MI Pro. (%) Meta. (%) Ana. (%) Telo. (%)
24 h 270 ± 8.9 33.75 39.62 29.97 11.4 21.85

NC 48 h 362 ± 1.5 45.25 34.25 32.9 13.5 26.6
24 h 241 ± 6.2 30.13 36.51 19.08 18.6 25.7

1X 48 h 168 ± 4.2 a 21.13 a 26.62 a 30.76 a 21.3 a 21.3 a

24 h 184 ± 8.4 b 23 b 26.1 b 36.4 b 17.4 b 20.1 b
1.5X 48 h 227± 4.4 b 28.34 b 24.66 b 40.08 b 16.4 b 18.5 b

24 h 20 ± 4.3 a 2.5 a 15 a 55 a 15 a 15 a

PC

2X 48 h 214 ± 9.2 26.75 28.5 36.4 14.5 20.6
24 h 200 ± 7.5 25 33 21 17 29

1X 48 h 130 ± 6.25 b 16.25 b 37.7 b 25.4 b 12.3 b 24.6 b

24 h 166 ± 3.6 b 20.75 b 36.1 b 16.9 b 17.5 b 29.5 b
1.5X 48 h 165 ± 3.6 b 20.62 b 34.5 b 22.4 b 17.6 b 25.5 b

24 h 151 ± 1.9 b 18.8 b 29.1 b 25.8 b 19.9 b 25.2 b

BCP

2X 48 h 171 ± 7.8 b 21.38 b 36.8 b 13.7 b 16.9 b 27.5 b

24 h 253 ± 6.2 31.62 41.89 18.97 14.62 24.5
1X 48 h 287 ± 6.9 35.87 31.35 29.96 20.55 18.11

24 h 198 ± 6.2 b 24.75 b 35.87 b 22.72 b 16.66 b 22.72 b
1.5X 48 h 220 ± 4.4 a 27.5 a 37.72 a 22.72 a 15.45 a 24.09 a

24 h 219 ± 2.1 27.37 34.7 22.83 17.8 24.65

MP

2X 48 h 221 ± 7.3 27.62 35.75 26.69 18.55 19.1
1X, 1.5X, 2X = experimental variants, TNDC = total number of cells in the division, SD = standard deviation,
MI = mitotic index, Pro. % = % of prophases out of the total number of cells in the division, Meta. % = % of
metaphases from the total number of cells in division, Ana. % = % of anaphases from the total number of cells
in the division, Telo. % = % telophases out of total dividing cells, a = statistically significant values, p ≤ 0.05
compared with a negative control with t-test and Bonferroni Correction, b = highly statistically significant values,
p ≤ 0.01 compared with a negative control with t-test and Bonferroni Correction.

In all treatment options (PC, MP, and BCP insecticides at 1X, 1.5X, and 2X concentra-
tions), not only was the decrease in the number of dividing cells as previously outlined
identified, but also various types of chromosomal aberrations were scored and centralized
in Table 4. In contrast to the insecticide treatments, no CA or nuclear abnormalities were
observed during mitosis in NC grown in tap water. All prophase, metaphase, anaphase,
and telophase stages were clearly visible without changes in the number or structure
of chromosomes.

Table 4. Chromosome aberrations on root meristematic cells of A. cepa after treatment with different
concentrations of insecticides.

PC BCP MP
1X 1.5X 2X 1X 1.5X 2X 1X 1.5X 2X

24
h

48
h

24
h

48
h

24
h

48
h

24
h

48
h

24
h

48
h

24
h

48
h

24
h

48
h

24
h

48
h

24
h

48
h

Chromosomal bridges 2 0 0 4 0 3 0 0 0 1 1 0 0 1 1 1 0 0
Vagrant/laggard 8 6 4 11 0 5 5 0 8 5 4 11 12 0 7 13 14 2

Other modifications * 0 0 1 2 0 0 1 0 0 0 0 0 1 0 1 0 0 0
TCA 10 6 5 17 0 8 6 0 8 6 5 11 13 1 9 14 14 2

Cells with 1 MN 0 0 0 1 23 1 5 8 6 10 4 29 3 0 2 1 0 0
Cells with 2-more MNs ** 0 0 0 1 6 0 3 0 0 1 0 4 0 0 0 0 0 0

TCNM 0 0 0 2 29 1 8 8 6 11 4 33 3 0 2 1 0 0

* = chromosomal fragment and/or decoiled chromosomes; ** = we have found cells with 3 and 6 MNs; TCA = total
number of chromosomal aberrations; TCNM = total number of cells with MN; 1X, 1.5X, 2X = experimental variants;
PC = positive control (insecticide with Deltamethrin); BCP = bio-chemical insecticide; MP = microbial insecticide.

CAs, which include chromosomal bridges, laggard/vagrant chromosomes, chromoso-
mal fragments, and decoiled chromosomes, indicated disturbances in the normal processes
of cell division. Also, in the interphase, the presence of some cells with one or more
micronuclei (MN) was observed.

Chromosome bridges and fragments are generally caused by the clastogenic action
of the insecticides on DNA strands (structural aberrations), whereas lagging/vagrant
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chromosomes and chromosome losses represent the result of the aneugenic effects of
these pesticides, which affect the number of chromosomes due to mitotic spindle abnor-
malities [61]. Chromosomal bridges are associated with further chromosome breakage,
aneuploidy or polyploidy and sometimes even cell cycle arrest [62]. Vagrant and laggard
chromosome presence generates, invariably, an unequal number of chromosomes in the re-
sulting cells after division [63]. Acentric fragments, lacking the centromere, are unbalanced
and distributed during cell division to daughter cells, some of them being lost in successive
divisions. Depending on the number of genes contained, the loss of an acentric fragment
may adversely affect the phenotype or may even be incompatible with the viability of the
carrier organism [64].

Identifying the appearance of MNs is a simple and efficient way of testing the possible
mutagenic effect of pesticides in general. They are visible in the interphase, and their
presence and number represent definite proof of the genotoxic (clastogenic and aneugenic)
effects of the tested insecticides [21]. MNs are the result of unrepaired or incorrectly
repaired DNA damage, that is, of chromosomal aberrations (breaks and chromosome
losses) during mitotic division [65].

At 24 h, all three insecticides induced chromosomal aberrations in a concentration-
dependent manner. Interestingly, after 48 h of treatment, the number of chromosomal
aberrations decreased, especially for MP treatment. One possible explanation for these
observations might be that, after 24 h of treatment, the insecticides induced an adaptive
response conferring the protection of root cells from genotoxic stress [66]. Also, it is
possible that the cells with severely damaged DNA were directed to apoptosis, while in the
surviving cells, DNA repair mechanisms operated [67].

As it was expected, positive control PC, which was a Deltamethrin containing insecti-
cide, caused, at the 1X concentration, a significant number of chromosomal bridges and
laggard chromosomes without inducing MN or other major abnormalities. At the 1.5X
concentration, cells with MN and chromosomal fragments were observed, while at the
highest concentration, this treatment induced a larger number of 1 MN cells but also cells
with 3 MN (Figure 1).

BCP induced not only laggards and vagrant chromosomes but also a large number
of cells with MN. In this case, the number of abnormal cells increased in correlation with
the concentration used (Figure 2). The bio-chemical insecticide (BCP) investigated in this
study belongs to the Naturalyte class of pesticides, a class that includes products derived
from metabolites of living organisms. The main component of this insecticide is Spinosad,
which is the fermentation product of the Saccharopolyspora spinosa aerobic bacteria. In recent
years, several studies have been published indicating that Spinosad may have genotoxic
effects on non-target species [68–70] or has been associated with various ecotoxicological
events [71–74].

The results obtained in the present study are in agreement with those reported by
Mendonca et. all, which showed that Spinosad exerted a mutagenic effect on Tradescantia
pallida species at concentrations of 0.626, 1.25, and 2.5 g/mL [75], even though there is no
total consensus among the data identified in the literature regarding Spinosad mutagenicity.

For example, in 1997, the U.S. Environmental Protection Agency stated that Spinosad
has no mutagenic effect [76], results that were sustained by Yano et al. (who reported,
in 2002, that Spinosad was no carcinogenic effect, at concentrations up to 0.05% to Fis-
cher 344 rats) [77], Stebbins (who determined that chronic exposure of mice to Spinosad,
i.e., 51 mg/kg/day for 18 months resulted in no tumor formation) [78] and Akmoutsou,
which showed, using SMART test, that Spinosad does not have genotoxic activity on D.
melanogaster [68]. On the other hand, Mansour and their team determined that Spinosad
has genotoxic activity on rat bone marrow cells [79], while Asida et al., in a study from 2022,
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highlighted that a bio-pesticide containing Spinosad, had cytotogenotoxic effects (decrease
in the mitotic index) on A. cepa genome [80]. The identified chromosomal aberrations
were similar to those observed in the present study: sticky chromosomes, chromosome
bridges, lagging chromosomes, and chromosome fragments [80]. Moreover, despite the fact
that organic insecticides, such as BCP, are considered to be a safer alternative to chemical
insecticides (such as those containing, e.g., Deltamethrin), there are studies showing that
Spinosad, which is now registered for use in over 80 countries, poses a much greater risk
to beneficial insects than previously thought, being toxic to pollinators [75]. In our study,
the cytogenotoxic effects of the Spinosad-containing insecticide were mainly represented
by laggard chromosomes and MN, the frequency of these aberrations being higher with
the increase of insecticide concentration. BCP also determined the highest number of
chromosomal aberrations among the analyzed insecticides, including PC.
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phase bridge; (b) 1.5X concentration: 3—chromosome fragment/vagrant chromosome, 4—cell with 
2 MNs, 5—anaphase bridge, (c) 2X concentration: 6—cell with 3 MNs, 7—laggards, 8—vagrant chro-
mosomes, 9—cell with one MN. 
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Figure 1. Chromosomal aberrations and nuclear irregularities observed in root tip cells of A. cepa
after treatments with different concentrations of Deltamethrin-containing insecticide (PC). (a) MRFC
concentration (1X variant): 1—anaphase with laggards and vagrant chromosomes; 2—anaphase
bridge; (b) 1.5X concentration: 3—chromosome fragment/vagrant chromosome, 4—cell with 2 MNs,
5—anaphase bridge, (c) 2X concentration: 6—cell with 3 MNs, 7—laggards, 8—vagrant chromosomes,
9—cell with one MN.

The MP insecticide at the 1X concentration caused a high number of laggard/vagrant
chromosomes and a few cells with 1 MN, and this effect is amplified at the 1.5X con-
centration. At 2X, the number of abnormalities slightly decreased (Figure 3). Thus, the
most frequent cytogenetic abnormalities induced by the MP were the laggard/vagrant
chromosomes, without a correlation between the insecticide concentration and the number
of observed abnormalities. As mentioned above, MP’s stimulating effect might be due to
the fact that it contains three different bacterial species (B. thuringiensis, L. sphaericus and
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B. subtilis) proven, in previous studies, to have bio-fertilizer potential by promoting plant
growth [17,81,82].

In a very comprehensive review published in 2022, Oliveira-Filho and Grisolia showed
that, in general, the Bacillus species commonly used in microbial insecticides have none to
very low eco-toxicity and no cytogenotoxic effects on non-target organisms [83].
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cell with 2 MNs. 
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Figure 2. Chromosomal aberrations and nuclear irregularities observed in root tip cells of A. cepa
after treatments with different concentrations of BCP insecticide. (a) MRFC concentration (1X
concentration): 1—cell with 1 MN, 2—telophase with vagrant chromosomes, 3—telophase bridge;
(b) 1.5X concentration: 4 and 5—telophase with vagrant chromosomes, 6—laggards, 7—cell with
one MN; (c) 2X concentration: 8—chromosome fragment, 9—telophase with vagrant chromosomes,
10—cell with 2 MNs.

However, there are a number of studies showing that some Cry proteins (proteins
that are produced by both B. thuringiensis and L. sphaericus) can induce MN formation
in mice [61] and zebrafish erythrocytes [84]. Due to the fact that in our study, the MP
insecticide induced the formation not only of MNs but also of other cytogenetic biomarkers
(disturbed ana-telophase, chromosome laggards, stickiness, chromosomal bridges), it
cannot be considered that the negative effects induced through the treatment with the MP
insecticide could be due only to the substances with which the bacterial cells are associated
in this commercial pesticide.

14



J. Xenobiot. 2025, 15, 35

J. Xenobiot. 2025, 15, x FOR PEER REVIEW 12 of 18 
 

 

higher with the increase of insecticide concentration. BCP also determined the highest 
number of chromosomal aberrations among the analyzed insecticides, including PC. 

The MP insecticide at the 1X concentration caused a high number of laggard/vagrant 
chromosomes and a few cells with 1 MN, and this effect is amplified at the 1.5X concen-
tration. At 2X, the number of abnormalities slightly decreased (Figure 3). Thus, the most 
frequent cytogenetic abnormalities induced by the MP were the laggard/vagrant chromo-
somes, without a correlation between the insecticide concentration and the number of ob-
served abnormalities. As mentioned above, MP’s stimulating effect might be due to the 
fact that it contains three different bacterial species (B. thuringiensis, L. sphaericus and B. 
subtilis) proven, in previous studies, to have bio-fertilizer potential by promoting plant 
growth [17,81,82]. 

 

Figure 3. Chromosomal aberrations and nuclear irregularities observed in root tip cells of A. cepa 
following treatments with different concentrations of MP insecticide. (a) MRFC concentration (1X 
concentration): 1—telophase with vagrant chromosome, 2—cell with 1 MN, 3—anaphase with lag-
gards and vagrant chromosomes; (b) 1.5X concentration: 4—anaphase with vagrant chromosomes, 
5—anaphase with abnormal segregation, 6—cell with 1 MN, 7—anaphase bridge; (c) 2X concentra-
tion: 8—chromosomal fragment/vagrant chromosome, 9—telophase with laggards and vagrant 
chromosomes. 

In a very comprehensive review published in 2022, Oliveira-Filho and Grisolia 
showed that, in general, the Bacillus species commonly used in microbial insecticides have 
none to very low eco-toxicity and no cytogenotoxic effects on non-target organisms [83]. 

However, there are a number of studies showing that some Cry proteins (proteins 
that are produced by both B. thuringiensis and L. sphaericus) can induce MN formation in 

Figure 3. Chromosomal aberrations and nuclear irregularities observed in root tip cells of A. cepa
following treatments with different concentrations of MP insecticide. (a) MRFC concentration (1X
concentration): 1—telophase with vagrant chromosome, 2—cell with 1 MN, 3—anaphase with
laggards and vagrant chromosomes; (b) 1.5X concentration: 4—anaphase with vagrant chromo-
somes, 5—anaphase with abnormal segregation, 6—cell with 1 MN, 7—anaphase bridge; (c) 2X
concentration: 8—chromosomal fragment/vagrant chromosome, 9—telophase with laggards and
vagrant chromosomes.

On the other hand, one of the main components of the MP insecticide is ‘super con-
centrate vegetable extract’, and even though there are no clear specifications of what is the
precise chemical composition of this, usually a vegetable extract consists of a mixture of
terpenes, flavonoids, tannins, saponins, alkaloids, and phenols [85]. In a review research on
articles from 2010 to 2024 from different databases (ScienceDirect, PubMed, Web of Science,
and Scopus), Ghanya et al. [85] summarized the data from 52 studies on plant extracts
genotoxicity. The analyzed papers provided a brief overview of the extracts, the primary
compounds identified, the plant parts used, the extraction method, the genotoxic tests, and
the phytochemicals responsible for the genotoxicity effect. Among this, a total of six plant
extracts showed no genotoxic effect, another 14 showed either genotoxic or mutagenic
effect, and 14 showed anti-genotoxic effect against different genotoxic-induced agents. In
addition, four plant extracts showed both genotoxic and non-genotoxic effects, and six
plant extracts showed both genotoxic and antigenotoxic effects. What is very important
to note is that in most of the articles, even though there were a number of suggestions re-
garding the compounds responsible for the genotoxic effects, none of the phytocompounds
were individually tested for genotoxic potential to confirm the conclusions. Moreover, the
mechanisms by which most plant extracts exert their genotoxic effect remain unidentified,
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and so more research is needed on the genotoxicity of plant extracts and their mechanisms
of genotoxicity.

4. Conclusions
The risks of using pesticides to combat pests in agricultural crops were evaluated

by applying the Allium bioassay, which proved effective in the assessment of the phyto-
and cytogenotoxic effects of two insecticides recommended as relatively safe for humans
and the environment. Tested insecticides are frequently used in agriculture, but, to date,
there are no studies on their possible toxicity. However, there is a series of research on the
clastogenic or phytostimulating effects of some of the components of the insecticides (e.g.,
analysis of the effect of spinosad, which is part of the composition of BCP or of the bacteria
and plant extracts from MP constitution).

The tests conducted in this study showed that the microbial insecticide confers greater
safety when applied even in higher doses than those recommended by the manufacturers
compared with the biochemical insecticide, whose effects are similar to those induced by
the chemical pesticide Deltamethrin. The obtained results suggest the clastogenic and
aneugenic action of both insecticides, and, therefore, additional studies are needed to
provide new information about the harmful potential of these pesticides both on the plant
genome and on the environment. Moreover, the results support the idea that there is a
need for prior testing of any type of pesticide before large-scale use, especially since the
results of the Allium test are frequently similar to those of mammalian and human cell
tests. The major problem related to insecticides is that of excessive use, without respecting
the recommended concentrations and the break time between treatments.
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Abstract: Nanoplastics pose a growing threat to marine ecosystems, particularly affecting
the early developmental stages of marine organisms. This study investigates the effects of
amino-modified polystyrene nanoparticles (PS-NH2, 50 nm) on the embryonic development
of Phallusia mammillata, a model ascidian species. Both chorionated and dechorionated
embryos were exposed to increasing concentrations of PS-NH2 so morphological alter-
ations could be assessed with a high-content analysis of the phenotypes and genotoxicity.
PS-NH2 induced the same morphological alterations in both chorionated and dechorion-
ated embryos, with dechorionated embryos being more sensitive (EC50 = 3.0 µg mL−1)
than chorionated ones (EC50 = 6.26 µg mL−1). Interestingly, results from the morphological
analysis showed two concentration-dependent mechanisms of action: (i) at concentrations
near the EC50, neurodevelopmental abnormalities resembling the ones induced by expo-
sure to known endocrine disruptors (EDs) were observed, and (ii) at higher concentrations
(15 µg mL−1 and 7.5 µg mL−1 for chorionated and dechorionated embryos, respectively), a
nonspecific toxicity was evident, likely due to general oxidative stress. The phenotypes
resulting from the PS-NH2 treatment were not related to DNA damage, as revealed by a
genotoxicity assay performed on neurula embryos. Our data suggest that PS-NH2-induced
toxicity is primarily mediated through oxidative stress, probably triggered by interactions
between the positive charges of the PS NPs and the negative charges on the cell membranes.
The lack of a protective chorion further exacerbated these effects, highlighting its role in
mitigating/protecting against NP-induced damage.

Keywords: nanoplastics; polystyrene nanoparticles; PS-NH2; Phallusia mammillata; embryotoxicity;
oxidative stress; neurodevelopment; genotoxicity; morphometric analysis

1. Introduction
Plastic pollution is recognized to be a threat of global concern for the marine envi-

ronment. Approximately 5000 tons of plastic waste was released into the environment
globally in 1950–2015, and, as plastic litter ages, it breaks down, forming microplastics
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(MPs, <5 mm) and nanoplastics (<100 nm), via weathering, sunlight radiation and biodegra-
dation processes [1–6]. The formation of smaller particles leads to a modification of the
physical–chemical properties, surface area and size, and, once below 1 µm in size, nanoplas-
tics can have high reactivity and biotoxicity Although environmental concentrations of
nanoplastics are still unknown, it is well accepted that they are ubiquitous, as recently
found in the surface water of the North Atlantic Gyre [7] and in the West Mediterranean
Sea [8]. They indeed represent a serious hazard for marine species, in particular in marine
coastal areas [9–11]. On these grounds, in recent years, several studies have focused on
exploring the impact of nanoplastics on marine organisms by using, among a wide variety
of polymer compositions, polystyrene nanoparticles (PS NPs) as a proxy for nanoplastic [12]
and references therein]. The studies showed that these small particles can affect marine
phyto- and zooplankton, resulting in oxidative stress and feeding disruption, among other
sub-lethal effects [13–25]. Recently, the effects of PS NPs (PS-NH2, 50 nm) on chorionated
Ciona robusta embryos have been investigated, revealing impairment in trunk and palps
morphogenesis and oxidative stress in the larvae [18]. Furthermore, the development of an
Adverse Outcome Pathway (AOP) exploiting transcriptomic data and sub-lethal endpoints
suggested that a Molecular Initiating Event (MIE), the adhesion of PS NPs to the ascidian
chorion, an envelope that surrounds the egg and the developing embryo until the hatching
of the tadpole larva [26–29], may act as a physico-chemical barrier against pollutants [19].

Ascidians, which are abundant components in marine meso-zooplankton communities
and have an invertebrate embryo that is closely related to vertebrates [30–32], represent
ideal models for ecotoxicity studies aimed at exploring the effects of a large variety of
physical and chemical stressors [33,34]. Here, we investigate the effect of amino-modified
PS NPs (PS-NH2, 50 nm) on the embryonic development of another ascidian species,
Phallusia mammillata. This marine invertebrate is found exclusively in the Northeast At-
lantic and the Mediterranean and it is an emerging ascidian model for developmental
and molecular biology studies (e.g., live-cell imaging) since its eggs and embryos are
completely transparent [35–38]. In addition, genomic and transcriptomic resources are
available, thus facilitating functional gene studies (https://www.aniseed.cnrs.fr/; accessed
on 20 November 2022). In the past years, Phallusia has been used in ecotoxicology for the
testing of the embryotoxicity of several Contaminants of Emerging Concerns (CECs), at
both morphological and molecular levels [39–42], and, more recently, high-content analyses
of the morphological alterations of Phallusia larvae have been exploited to determine the
phenotypic signature of different classes of chemicals such as Endocrine Disruptors (EDs),
Nuclear Receptors (NRs), ligands and genotoxic and cytotoxic compounds [43]. In this
work, the PS-NH2 was tested on chorionated Phallusia embryos, resembling the natural
exposure scenarios, and on dechorionated embryos, to evaluate the effects of direct contact
with the growing embryos and unravel the potential protective/mitigation role against
NP exposure. Then, high-content-based morphometric analysis of Phallusia larvae allowed
us to quantify morphological malformations with neurodevelopmental endpoints. The
morphometric analysis was coupled to a genotoxicity assay to explore the possible toxic
mechanisms of action.

2. Materials and Methods
2.1. Amino-Modified PS NPs (PS-NH2)

Unlabeled 50 nm amino-modified PS NPs (PS-NH2, PA02N, lot: 12839) were pur-
chased from Bangs Laboratories Inc. (Fishers, IN, USA) and received as a 100 mg mL−1

stock suspension in deionized water with no added surfactants, according to the manu-
facturer’s technical sheet. After a brief sonication, as already described in the study of
Eliso et al., 2020 [18], intermediate suspensions (10 mg mL−1) were prepared in 0.22 µm
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filtered milli-Q water (mQW) and stored in sterile vials at 4 ◦C until use. For the embry-
otoxicity assay, a PS-NH2 working suspension (1 mg mL−1) was prepared in Natural Sea
Water (NSW, salinity 40‰, pH 8) collected from a clean site in the Mediterranean Sea as the
exposure media without further sonication. A detailed physico-chemical characterization
of PS-NH2 behavior in mQW and NSW media is reported in the study of Eliso et al.,
2020 [18]. In particular, in mQW, PS-NH2 confirmed the primary size (50 nm), and the
positive surface charge (+47.5 mV), and showed an optimal dispersion (PDI 0.175 ± 0.04) at
different time points. Conversely, in NSW, PS-NH2 was found to form large agglomerates
(Z-Average of 999.7 ± 54.19 nm) with broader PDI values (>0.400), and a decrease in the
ζ-potential values (+7.19 mV) showed the instability of PS NPs in this high-ionic-strength
medium [18]. Details on the Fourier Transform Infrared (FTIR) analysis used to determine
the structure and composition of the stock suspension are provided in the Supplementary
Materials.

2.2. Animal and Gametes Collection

Adult specimens of Phallusia mammillata were collected in Sète (Hérault, France) and
kept at 17 ± 1 ◦C in circulating natural seawater aquaria. Animals were kept under constant
light conditions to avoid uncontrolled spawning of eggs and sperm [44]. The experimental
design included two different fertilization protocols: (i) the exposure of embryos with
a chorion (chorionated embryos), to mimic the natural exposure condition in the water
column; (ii) exposure of embryos without a chorion (dechorionated embryos) according to
a protocol already used to screen the toxic effect of several chemicals using the Phallusia
larval teratogenic assay [42,43]. For the fertilization of chorionated eggs, eggs and sperm
were collected separately by dissecting the gonoducts of several hermaphrodite adults. The
sperm was stored at 4 ◦C until use, while oocytes were collected in tissue culture plates and
rinsed twice in 0.22 µm filtered NSW, and immediately fertilized by adding diluted sperm
(1:100 in NSW) to the egg suspension. After 10 min of incubation, eggs were rinsed 3 times
with NSW. For the fertilization of dechorionated eggs, the protocol was the same, except
for the presence of the chorion, which was removed from the eggs before fertilization. To
remove the chorion, eggs were incubated in a trypsin solution for 2 h and then washed
3 times using NSW supplemented with TAPS buffer (NSW/TAPS; 0.5 mM) according to
the protocol described in the study of Dumollard et al. (2017) [35].

2.3. Embryotoxicity Assay

About 1 h 30 min post-fertilization (hpf), 60 chorionated embryos (~two-cell stage)
were added to 6-well plates containing PS-NH2 suspensions in NSW (final volume 6 mL).
For the exposure of dechorionated embryos, the 60 embryos were instead transferred at
the zygote stage (1-cell stage, around 30 min after fertilization) to avoid the dissociation of
2-cell-stage embryos during the transfer. Both chorionated and dechorionated embryos
were exposed to nominal concentrations of PS-NH2 as follows: 2–5–7.5–10–15 µg mL−1 for
chorionated embryos, and 2–3–3.5–5–7.5 µg mL−1 for the dechorionated ones. Embryos
were then incubated under static conditions in the dark at 18 ◦C until the hatching larva
stage (stage 26) was reached at about 18 hpf. After the incubation period, larvae were
fixed in 4% paraformaldehyde (4% PFA, 0.5 M NaCl, PBS; Sigma, St. Louis, MO, USA),
washed 3 times in Phosphate-Buffered Saline (PBS 1X) and imaged by transmitted light
microscopy (Zeiss Axiovert 200, Jena, Germany) at 10× magnification for the evaluation of
the percentage of normal hatched larvae and the morphometric analysis. As described by
Gomes and collaborators (2019) [42], a Phallusia larva is considered normal when it shows
a good general embryo morphology, with a proper trunk and palps formation, as well as
tail elongation.
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2.4. Morphometric Analysis of Larval Development

For the morphometric analysis, bright-field images (Zeiss Axiovert 200) of both chori-
onated and dechorionated embryos were analyzed with the in-house software Toxicosis8
(Version 1, reference IDDN.FR.001.330013.000.S.P.2018.000.10000, deposited on 13 July 2018;
see full description of Toxicosis8 in the study of Gazo et al., 2021 [43]). At least 50 tadpoles
were analyzed per treatment. The 5 endpoints quantified were the area of the two pig-
mented cells (PCs) (Oc/Ot area, µm2), the distance between the two PCs (Oc/Ot distance,
µm), the length/width ratio of the trunk, the length of the tail and the presence of well-
elongated palps. The resulting data were normalized to each respective control treatment
(100%) and plotted in radar charts for better comparison of phenotypes between treatments
(see [43] for a full description of the morphometric analysis).

2.5. Genotoxicity Assay

Genotoxicity testing was performed only on dechorionated embryos to better visualize
the fluorescent nuclei within the embryos. Embryos at the neurula stage were fixed with a
fixation solution (4% paraformaldehyde, 0.5 M NaCl in PBS) for 1 h at 20 ◦C on a shaker.
By washing them twice with PBS, the fixative was removed. After washing, the samples
were incubated in PBS containing 0.1% Triton X-100 and 3% bovine serum albumin (PBSB)
for 1 h at 20 ◦C on a shaker. The embryos were stained with 1 µg mL−1 Hoechst in PBSB
for 1–2 h at 20 ◦C on a shaker. Finally, the embryos were washed twice with PBSB and
transferred on a glass slide. DNA-stained embryos were imaged using epifluorescence
microscopy (Zeiss, Axiovert 200) with a 40×/0.8 NA water objective lens, and DNA
aberrations (multinucleated cells, micronuclei or DNA bridges) were scored manually. As
was performed in the study of Gazo et al., 2021 [43], the number of embryos hosting a DNA
aberration was counted. The total number of embryos scored was at least 150 per condition.

2.6. Statistical Analysis

All the statistical analyses were performed using Graphpad Prism (Version 8.0.1,
San Diego, CA, USA). All data are expressed as mean ± standard deviation (SD). The
median effective concentration (EC50), corresponding to a 50% reduction in normal
hatched larvae, was calculated using a sigmoidal dose−response model according to
the following equation:

y = b + (a − b)/1 + 10(LogEC50−x)

where y is the response, b is the response minimum, a is the response maximum, x is
the logarithm of effect concentration and EC50 is the concentration of effect giving 50%
of the maximum effect. Data were normalized to the control mean percentage of larval
abnormality using Abbot’s formula:

P = (Pe − Pc/100 − Pc) × 100

where Pc and Pe are the control and the experimental percentages of response, respectively.
For the morphometric analysis, in order to eliminate the effect of external factors, we
compared and normalized each endpoint with the corresponding value in the control
group obtained on the same day. The raw data (not normalized) from this assay were
statistically analyzed using the Kruskal–Wallis test followed by Dunn’s post hoc test.
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3. Results
3.1. PS-NH2 NPs Alter the Normal Larval Development

The results of the embryotoxicity assay were evaluated by looking at the normal
larval development on both chorionated and dechorionated embryos after an exposure
to PS-NH2 lasting about 18 h (stage 26). Figure 1 shows a dose-dependent response
under both tested conditions, with an increased sensitivity of the dechorionated embryos
(EC50 = 3.0 µg mL−1) compared to chorionated ones (EC50 = 6.26 µg mL−1).
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Figure 1. Percentage (%) of normal hatched larvae of P. mammillata upon 22 h exposure of chorionated
embryos (A) and dechorionated embryos (B) to PS-NH2 in NSW. Bars represent mean ± SD (PS-
NH2 N = 240). Asterisks indicate values that are significantly different compared to the control
(Kruskal–Wallis test, Dunn’s post hoc test (* p < 0.05, ** p < 0.01, *** p < 0.001)). EC50 values are
shown.

3.2. Quantitative Analysis of Phenotypes

In addition to the normal larval development, we also evaluated any phenotypic
alterations in developing P. mammillata embryos exposed to PS-NH2 and then we quantified
them using the software Toxicosis8 [43]. Observation under a light microscope indicated
that the morphological defects were mainly related to the development of the trunk. As
shown in Figure 2B, most chorionated embryos exposed to 5 µg mL−1 of PS-NH2 showed
a generally good morphology of the embryo, comparable to unexposed ones (controls only
in NSW) (Figure 2A). At 7.5 µg mL−1, we observed a lack of protrusion of the palps in most
larvae and, upon exposure to 10 and 15 µg mL−1 of PS-NH2, the embryos failed to hatch,
showing malformations at both the trunk and tail levels. In fact, as shown in Figure 2D,E,
the trunk became rounder and the tail shorter compared to the controls (Figure 2D,E).

The phenotypic alterations observed in the dechorionated embryos were comparable
to the morphological defects detected on chorionated embryos, with an increased sen-
sitivity at lower exposure concentrations. In fact, a rounder trunk and an inhibition of
palps protrusion were already observable in larvae exposed to 2–3 µg mL−1 of PS-NH2

(Figure 3A–F). Moreover, the pigmented sensory organs (PCs, composed of the otolith
and ocellus) appeared to be fused already in larvae exposed to 3 µg mL−1 and upwards,
indicating that the movement of the otolith towards the ventral side of the sensory vesicle
was impaired (Figure 3C–F) [45].
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Figure 2. Light microscopy images of P. mammillata embryos exposed for 22 h to PS-NH2.
(A–E) represent the phenotypes for embryos developed in a chorion: (A) control; (B) 5 µg mL−1;
(C) 7.5 µg mL−1; (D) 10 µg mL−1; (E) 15 µg mL−1. White and red arrows represent a good and wrong
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Using the Toxicosis8 software, five morphometric endpoints were quantified in chori-
onated and dechorionated Phallusia embryos treated with PS-NH2. In chorionated embryos,
the most sensitive endpoint was the elongation of the palps, which gradually decreased to
1.8% in larvae exposed to 15 µg mL−1, then the Ot-Oc distance (significantly reduced to
36.9%), tail length (reduced to 58.3%) and the trunk L/W ratio (reduced to 75.3%), whereas
Oc-Ot area was not affected (Figure 4A, Table 1). Interestingly, dechorionated embryos
displayed phenotypes similar to those of chorionated embryos, as illustrated in the radar
chart, which shows almost the same order of affected endpoints: palps > Oc-Ot distance >
tail > trunk (Figure 4B, Table 2). The only difference is that naked embryos were more sus-
ceptible to PS-NH2 exposure compared to chorionated ones (compare data at 7.5 µg mL−1

in Tables 1 and 2).
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Tail Length, 
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2 μg mL−1 PS-NH2 85 271.0 ± 64.4 98.0 19.1 ± 6.3 101.3 86.7 ± 8.2 86.7 1.9 ± 0.2 104.1 553.5 ± 94.0 93.9 
5 μg mL−1 PS-NH2 110 274.5± 65.0 99.3 18.3 ± 8.8 97.0 61.8 ± 17.2 61.8 2.0 ± 0.2 105.2 524.4 ± 92.6 *** 88.9 
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15 μg mL−1 PS-NH2 58 264.9 ± 67.1  95.8 6.9 ± 9.5 *** 36.9 1.8 ± 3.7 *** 1.8 1.4 ± 0.3 *** 75.3 343.6 ± 120.5 *** 58.3 

  

Figure 4. Morphometric analysis of phenotypes induced in P. mammillata embryos (A) with a chorion
and (B) without a chorion exposed to PS-NH2 (0; 7.5 and 15 µg mL−1 for chorionated embryos, 0;
3.5 and 7.5 µg mL−1 for dechorionated embryos). The radar charts summarize the following end-
points: ocellus (Oc) + otolith (Ot) area (µm2); Oc/Ot distance (µm); percentage of embryos with palps
(%); trunk L/W (length/width) ratio; tail length (µm). All measurements were performed at 22 hpf.
The values are normalized to the corresponding value of the same parameter in the control (stage 26)
and presented as a percentage of the control value. Complete radar charts of all tested concentrations
are shown in Figure S3.
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3.3. PS-NH2 NPs Are Not Genotoxic

Recent data on Phallusia embryos indicate that the alteration of palps and trunk
elongation are part of the severe malformations associated with DNA damage and genotox-
icity [43]. We thus sought to verify whether the phenotypes induced by PS-NH2 treatment
could also be related to DNA damage, by staining embryo DNA and scoring DNA aberra-
tions in dechorionated embryos at the neurula stage. Figure 5 shows representative images
of control and treated embryos (5 and 7.5 µg mL−1). In the control cultures, almost all
analyzed embryos (98.7%) showed well-aligned nuclei of constant size and tightly packed
nuclear DNA without DNA aberrations (Figure 5A). The same results were obtained with
treated embryos, with 98.3% and 97.5% of embryos having intact DNA at 5 and 7.5 µg mL−1

exposure concentrations, respectively.
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Figure 5. Genotoxicity assay performed analyzing 7 hpf embryos (neurula stage). (A) Control embryo
(NSW), (B) 5 µg mL−1; (C) 7.5 µg mL−1. At the bottom of each image, the percentage of embryos not
showing DNA aberrations is reported (N control = 152; 5 µg mL−1 = 175; 7.5 µg mL−1 = 160.).

4. Discussion
Early life stages of marine invertebrate and fish species are sensitive indicators of

environmental pollutants including nanoplastics. Here, we investigated the effects of
PS-NH2 on the development of the ascidian P. mammillata by evaluating its impact on
embryos, either chorionated or dechorionated, to shed some light on the potential role of
the chorion in mitigating the effects of nanoplastics.

Regarding chorionated embryos, the microscopic observations showed morphological
alterations mainly at the trunk level; trunks were rounded, and there was a reduction
in the protrusion of the palps at exposure concentrations of up to 7.5 µg mL−1. Upon
exposure to 10 and 15 µg mL−1, the embryos failed to hatch, showing malformations at
both trunk and tail levels. This phenotype is reminiscent of that previously detected on
larvae of another ascidian species, Ciona robusta [18], thus suggesting a similar mechanism
of action of PS-NH2 in Ciona and Phallusia embryos. Here, we also checked if the direct
contact with PS-NH2 could have different or even more devastating effects on chorion-
deprived developing embryos. Our data indicate that there are no strong phenotypic
differences, at the larval stage, between embryos with and without a chorion, except that
dechorionated embryos are more sensitive to PS-NH2 treatment, on the basis of EC50

(3.0 µg mL−1 compared to 6.26 µg mL−1).
Through the use of the Toxicosis8 software, three neurodevelopmental endpoints

(Oc/Ot area, Oc/Ot distance, % of embryos with elongated palps) and two general mor-
phogenesis endpoints (trunk L/W ratio and tail length) were analyzed and the results were
compared to previous data obtained in a toxicity screening aimed at finding phenotypic
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signatures in Phallusia embryos associated with xenobiotics [43]. Our study indicates that
PS-NH2 was able to affect all endpoints analyzed, regardless of the presence or absence of
the chorion. Furthermore, the use of this software allowed us to identify two concentration-
dependent mechanisms of action: (i) at concentrations near the EC50, neurodevelopmental
abnormalities, resembling the ones induced by exposure to known endocrine disruptors
(EDs), were observed, and (ii) at higher concentrations (15 µg mL−1 and 7.5 µg mL−1 for
chorionated and dechorionated embryos, respectively), a nonspecific toxicity was evident,
likely due to general oxidative stress.

Specifically, in the case of concentrations near the EC50 (6.26 µg mL−1 and 3.0 µg mL−1,
respectively, for embryos with and without a chorion), the significantly affected endpoints
were trunk L/W ratio and tail length, which reflect the general morphology of the embryo,
and Oc/Ot distance, which is a marker of the central nervous system. The mechanism of
action seems similar since the endpoints were the same regardless of the presence or absence
of the chorion. The higher sensitivity of non-chorionated larvae suggests a protective role
of the chorion which limits the interaction of the PS-NH2 with the embryos. Notably, the
phenotypic signatures, such as the trunk L/W ratio and Oc/Ot distance at the lowest doses
tested, which characterize Phallusia embryos exposed to PS-NH2, were very similar to
the ones caused by Rifampicin and SR12813, which are PXR agonists [43]. PXR is known
to be involved in mechanisms of defense against endogenous and exogenous molecules,
regulating the transcription of enzymes and transporters involved in the metabolism and
elimination of potentially harmful compounds [46]. In ascidians, this receptor is expressed
in the brain vesicles of embryos and larvae and exposure to its agonist induces significant
changes in trunk elongation and PC formation [42]. Our findings suggest a possible
interaction between PS NPs and PXRs, although we cannot rule out the possibility that the
byproducts released by PS-NH2 [19], rather than PS-NH2, interact with PXR, resulting in
the malformations during the embryonic development of ascidians. Actually, as previously
shown, styrene monomers and the 2,4-Di-tert-butylphenol (DTBP), which is considered an
analog of Bisphenol A (BPA), which is known to interact with PXR in the ascidian C. robusta,
both leach from the PS-NH2 suspension in NSW [19,47,48]. However, the phenotypic
signature of PS NPs in Phallusia also resembles the one of ERR and RXR ligands [43] and
only the measurement of the modulation of the activity of these nuclear receptors by PS-
NH2 can reveal whether nanoparticles or chemicals leaching from them can affect ascidian
nuclear receptors.

On the other hand, the highest concentration of PS-NH2 (15 µg mL−1 and 7.5 µg mL−1

for chorionated and dechorionated embryos, respectively) caused significant effects at the
level of all the endpoints studied, except for the Oc/Ot area, suggesting either nonspe-
cific toxicity or DNA damage [43]. However, our study shows that, in PS-NH2-treated
embryos, the DNA is intact, without any damage, meaning that no genotoxic effects are
associated with the exposure to PS-NH2 up to 15 µg mL−1. The mechanism of toxicity
induced by the highest concentration of PS-NH2 may be due to the generation of Reactive
Oxygen Species (ROS) through positive charges that interact with the negatively charged
cell membranes [49]. The elevated levels of ROS may, in turn, cause significant decreases in
cell viability and changes in membrane integrity [50]. This is in line with our formulated
hypothesis on Ciona embryos exposed to PS-NH2 [19]. In fact, the initial event leading to
the above morphological changes could be the adhesion of PS-NH2 around the chorion,
potentially causing a general condition of oxidative stress. The influence of positive charge
on embryonic development is highlighted in studies showing that negatively charged
polystyrene nanoparticles (e.g., PS-COOH) exhibit reduced toxicity during the embryoge-
nesis of the sea urchin P. lividus [8] and the ascidian C. robusta [21]. These nanoparticles
do not affect larval phenotypes or development, likely due to their tendency for rapid
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sedimentation. The similar phenotype observed in dechorionated embryos suggests that
PS-NH2 elicits comparable responses in both chorionated and dechorionated embryos,
with the observed phenotype likely resulting from direct interaction of the nanoparticles
with the developing larvae. From this perspective, it would be very interesting to define
the Toxicosis phenotypic signature of oxidative stress and compare it with the phenotypic
signature of PS-NH2, identified in this study in Phallusia, in order to clarify this issue.

5. Conclusions
Using high-content analysis of embryonic phenotypes, we established the effects of

PS-NH2 on the embryogenesis of the ascidian P. mammillata. We compared the effects using
chorionated (to reproduce the natural conditions) and dechorionated embryos (to ensure
the interaction of PS NPs with the embryo), showing that the morphological alterations
are the same but the dechorionated embryos have an increased sensitivity, suggesting
the protective role of the chorion against PS-NH2. The quantitative analysis revealed
two different phenotypic signatures for both the conditions tested: (i) the concentrations
near the EC50 affected trunk L/W ratio, tail length and Oc/Ot distance endpoints, as
in the case of PXR agonists; (ii) the highest concentrations of PS-NH2 affected several
endpoints, suggesting a nonspecific toxicity of PS NPs probably caused by the general
stress of the developing organism. Further studies are, however, fundamental to clarify
if their toxic effects are due to their adhesion around the growing embryos, or to their
internalization within the cells. Moreover, we cannot exclude that the toxic effects are not
related to nanoparticles themselves, but to leachates from PS, like styrene monomers and
the DTBP [19], which could act directly on naked embryos or by crossing the chorion.

Supplementary Materials: The following supporting information can be downloaded at https://www.
mdpi.com/article/10.3390/jox15010010/s1, Figures S1 and S2: FTIR spectrum of PS-NH2 vs. FTIR
spectrum of polystyrene present in the libraries used for the match and FTIR spectrum of PS-NH2

vs. FTIR spectrum of non-functionalized fluorescent polystyrene nanoplastics (PS-NPs, 100 nm,
Polysciences Europe GmbH, Eppelheim, Germany), respectively; Figure S3: Morphometric analysis
of phenotypes induced in Phallusia mammillata embryos (A) with a chorion and (B) without a chorion
exposed to PS-NH2. Radar charts summarize the following endpoints: ocellus (Oc) + otolith (Ot)
area (µm2); Oc/Ot distance (µm); percentage of embryos with palps (%); trunk L/W (length/width)
ratio; tail length (µm). All measurements were performed at 22 hpf. The values are normalized to the
corresponding value of the same parameter in the control (stage 26) and presented as a percentage of
the control value; Figure S4: Genotoxicity assay performed analyzing 7 hpf embryos (neurula stage).
(A) Control embryo, (B) embryo with DNA aberration.
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Abstract: The growing use of products containing rare earth elements (REEs) may lead to higher envi-
ronmental emissions of these elements, which can potentially enter aquatic systems. Praseodymium
(Pr) and europium (Eu) are widely used REEs with various applications. However, their ecotoxi-
cological impacts remain largely unexplored, with poorly understood risks to wildlife. Moreover,
organisms also face environmental stressors like salinity fluctuations, and the nature of the inter-
action between salinity variations and contaminants is not yet clear. Therefore, this study aimed
to evaluate the influence of salinity shifts on the impacts of Pr and Eu on adult mussels and the
sperm of the species Mytilus galloprovincialis after 28 days and 30 min of exposure, respectively. To
do so, biochemical and histopathological alterations were evaluated in adults, while biochemical
and physiological changes were analysed in sperm. Additionally, the Integrated Biological Index
(IBR) was calculated to understand the overall impact of each treatment. The results showed that
adult mussels were most affected when exposed to the combination of high salinity and each element,
which altered the behaviour of defence mechanisms causing redox imbalance and cellular damage.
On the other hand, sperm demonstrated sensitivity to specific REE-salinity combinations, particularly
Pr at lower salinity and Eu at higher salinity. These specific treatments elicited changes in sperm
motility and velocity: Pr 20 led to a higher production of O2

− and a decrease in velocity, while Eu 40
resulted in reduced motility and an increase in irregular movement. At both lower and higher salinity
levels, exposure to Eu caused similar sensitivities in adults and sperm, reflected by comparable IBR
scores. In contrast, Pr exposure induced greater alterations in sperm than in adult mussels at lower
salinity, whereas the reverse was observed at higher salinity. These findings suggest that reproductive
success and population dynamics could be modulated by interactions between salinity levels and
REE pollution, highlighting the need for further investigation into how REEs and environmental
factors interact. This study offers valuable insights to inform policymakers about the potential risks
of REE contamination, emphasising the importance of implementing environmental regulations and
developing strategies to mitigate the impact of these pollutants.

Keywords: rare earth elements; salinity; biochemistry; histopathology; adult mussels; sperm

1. Introduction

Rare earth elements (REEs) have traditionally been regarded as posing minimal en-
vironmental risk due to their low solubility in water and limited (bio)availability. This is
because they readily precipitate or form complexes with hydroxides, carbonates, fluorides,
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phosphates, and humic and fulvic acids [1,2]. For instance, REE-phosphate products have
a solubility as low as 10−25 mol2/L2 [2]. However, over the last two decades, due to
their unique magnetic, optical, catalytic, and phosphorescent properties, there has been
a growing demand for REEs for use in new technologies, such as in equipments in the
automotive industry and in renewable energy generation systems [3–5]. Among REEs are
praseodymium (Pr) and europium (Eu). Praseodymium has been used in permanent mag-
nets to enhance magnetic strength, stability, and energy efficiency [6]; as a contrast agent in
medical imaging [7]; and in alloys to improve strength and corrosion resistance [8]. Addi-
tionally, this element is used in catalysts to enhance redox reactions and oxygen storage [9]
and as a coloring agent in ceramics and glass additives [10]. Despite being one of the rarest
REEs, Eu plays an essential role in several industries due to its phosphorescent properties.
This element is widely used in phosphors [11], optics, fluorescent lamps, displays, lasers,
and light-emitting diodes [11,12]. Additionally, the ability of Eu to absorb neutrons makes
it essential in control rods for nuclear reactors [13].

The intensified use of products containing REEs can lead to increasing emissions into
the environment. Product manufacturing and technological processes are known to elevate
environmental REEs concentrations [14,15]. These elements can reach aquatic systems
through various pathways, including atmospheric deposition, surface runoff, and industrial
effluents. While atmospheric deposition can occur, it has not been shown to contribute
significantly to contamination outside mining regions. In contrast, industrial effluents
containing REEs can be directly discharged into surface waters [16]. Praseodymium and
Eu have been detected in different aquatic systems. In São Domingos Creek (Portugal),
located near to a mining area, measured concentrations range from below the detection
limit (<1.0 µg/L) to 51.3 µg/L for Pr and 12.7 µg/L for Eu [15]. In Ría de Huelva (Spain),
the maximum concentrations reported were 5.16 µg/L for Pr and 1.48 µg/L for Eu [17]. In
the Guadiamar aquifer (Spain), impacted by acid mine drainage, Olías et al. [18]) observed
a maximum Pr concentration of 10.21 µg/L in July 2001 and 13.31 µg/L in July 2002.
Similarly, Atinkpahoun et al. [19] recorded a maximum Eu concentration of 14.3 µg/L in
urban wastewater from the city of Cotonou (Benin, West Africa). A study by Hatje et al. [20]
recorded rising REE concentrations in San Francisco Bay (USA) from 1996 to 2013. For
instance, Pr concentrations increased from 10.1 to 60.1 pmol/kg, and those for Eu rose from
6.45 to 16.1 pmol/kg [20].

The release of these elements into aquatic systems has led to increased wildlife expo-
sure. However, studies regarding their toxicity in marine and coastal organisms are scarce
compared to those for freshwater environments, underscoring a significant knowledge gap.
Additionally, there are no specific regulatory restrictions for REEs [16], likely due to the
historical perception of minimal risk and a lack of sufficient studies on their environmental
impact. This highlights the need for further investigation to better understand the potential
risks and ecological implications of REEs in marine ecosystems [16] and provide data for
the implementation of regulatory restrictions. A study conducted by Leite et al. [21] showed
that the exposure of mussels to Pr (0, 10, 20, 40, and 80 µg/L) led to an increase in metabolic
activity and enhanced the activity of antioxidant and biotransformation enzymes, being
insufficient to prevent cellular damage. Similarly, the same authors observed that the tested
Eu concentrations (0, 10, 20, 40, and 80 µg/L) caused cellular damage in mussels, despite
the increase in biotransformation enzyme activity. Histopathological analysis revealed
that mussels could not recover from exposure to either element, with lower concentrations
causing higher damage to digestive tubules [21]. Markich et al. [22] evaluated the chronic
no (significant)-effect concentrations (N(S)ECs) and median-effect concentrations (EC50s)
induced by Pr and other REEs (yttrium (Y), lanthanum (La), cerium (Ce), neodymium (Nd),
gadolinium (Gd), dysprosium (Dy), and lutetium (Lu)) in 30 marine species. The authors
observed that for the most sensitive species (a species of sea urchin), the N(S)EC of Pr was
1.9 µg/L and the EC50 was 14.4 µg/L, while for the least sensitive (a cyanobacterium), the
N(S)EC of Pr was 469 µg/L and the EC50 was 3000 µg/L. Overall, Pr, together with La,
was the least toxic element among the tested REEs. Similarly, Kurvet et al. [23] reported

36



J. Xenobiot. 2024, 14

an EC50 of 12.17 mg/L for Pr in the marine bacteria Vibrio fischeri in terms of inhibition of
luminescence. The authors observed that among the REEs tested (Pr, Ce, Gd, La, and Nd),
Pr is ranked second last in terms of toxicity, with La being the least toxic. Tai et al. [24]
observed that exposure of the microalgae Skeletonema costatum to 29.16 ± 0.61 µmol/L of
Eu resulted in a 50% reduction in the growth of algae compared to the controls after 96 h
(96 h-EC50). Trifuoggi et al. [25] reported that all tested concentrations of Eu (15.2, 152.0,
and 15,196.4 µg/L), did not cause significant developmental defects in the early life stages
of the sea urchin Sphaerechinus granularis. However, while the lower concentrations of Eu
(15.2, 152.0 µg/L) similarly did not affect the early development of the sea urchin Arbacia
lixula, the highest concentration (15,196.4 µg/L) induced significant developmental defects.

Besides pollution, aquatic organisms also face environmental challenges related to
climate change. Among the challenges, salinity is one of the key abiotic factors with the
power to affect the survival and adaptability of organisms [26]. Salinity variations often
result from extreme weather events, with factors like temperature rise and intensification
of global rainfall and evaporation cycles contributing to salinity fluctuations in aquatic
environments [27]. These changes create differences in osmotic pressure between the
surrounding environment and an organism’s tissue cells, leading to stress, including
osmoregulation, bioenergetic, and biochemical alterations [28–30]. Salinity variations can
affect aquatic species, particularly calcifying organisms such as bivalves [31], affecting shell
formation, respiration rate, filtration rate, osmoregulation, metabolism, and the oxidative
and immune systems [31–39]. Moreover, shifts in salinity can not only influence organisms
but also alter the behaviour and toxicity of contaminants within aquatic ecosystems. Recent
studies showed the influence of salinity shifts on the impacts of REEs. For instance,
Andrade et al. [40] showed that lower salinity influenced the effects of La by increasing
metabolism, the activity of the defence system, and lipid peroxidation. Another study
demonstrated that lower salinity intensified the effects of Y on mussels by increasing
their defence mechanisms and neurotoxicity [41]. Nevertheless, the data regarding the
organisms’ responses to the combination of REEs and salinity shifts are still scarce.

Considering that organisms in the environment are simultaneously subjected to multi-
ple stressors, this study aimed to investigate the toxicological effects of Pr and Eu (10 µg/L)
on M. galloprovincialis adults and sperm under varying salinity levels: low (a salinity of
20), control (a salinity of 30), and high (a salinity of 40). While recent research has already
highlighted the impacts of Pr and Eu on M. galloprovincialis, to our knowledge, there is no
available information regarding how salinity influences these effects. M. galloprovincialis
was chosen as a model species due to its significant economic and ecological value as well
as its effectiveness as a bioindicator species. Its widespread distribution, feeding habits,
high stress tolerance and the ease with which it can be collected and handled make it an
ideal subject for study [42].

2. Materials and Methods
2.1. Sampling and Experimental Conditions

In the present study, two experiments were performed, one with Mytilus galloprovin-
cialis adult mussels that were collected in the Ria de Aveiro coastal lagoon (Portugal) in
October 2021 (shell length: 64 ± 3.4 mm; width: 37 ± 2.1 mm) and the other with M.
galloprovincialis sperm from adults collected in the Gulf of La Spezia (Italy) in May 2022
(shell length: 55 ± 5 mm; width: 28 ± 2.5 mm). While the adult mussels used in both
experiments originated from two different locations, previous studies have shown that
adults from these sites respond similarly under standard conditions [43,44].

In both experiments, the tested treatments were CTL 20 (non-contaminated seawater
at salinity of 20 in order to simulate rainy periods); CTL 30 (non-contaminated seawater at
salinity of 30, used as a control salinity); CTL 40 (non-contaminated seawater at salinity
of 40 to simulate drought periods); Pr 20 (contaminated seawater with 10 µg/L of Pr at
salinity of 20); Pr 30 (contaminated seawater with 10 µg/L of Pr at salinity of 30); Pr 40
(contaminated seawater with 10 µg/L of Pr at salinity of 40), Eu 20 (contaminated seawater
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with 10 µg/L of Eu at salinity of 20); Eu 30 (contaminated seawater with 10 µg/L of Eu at
salinity of 30); and Eu 40 (contaminated seawater with 10 µg/L of Eu at salinity of 40).

The concentration chosen was based on the values found in contaminated environ-
ments by Gomes et al. [15] (<1.0–51.3 µg/L for Pr and <1.0–12.7 µg/L for Eu), Olías
et al. [18] (maximum Pr concentration of 10.24 µg/L), and Atinkpahoun et al. [19] (maxi-
mum Eu concentration of 14.3 µg/L). In addition, the Pr and Eu concentration was also
selected since it was the lowest to cause negative effects in mussels within a range of 0–80
µg/L of Pr and Eu in the study by Leite et al. [21]. Given that salinity levels in Ria de
Aveiro range from 5 to 15 during winter and from 36 to 37 in summer [45], salinities of 20
± 1 and 40 ± 1 were chosen to simulate rainy and drought periods, respectively.

2.2. Adults’ Exposure

After collection, mussels were transported to the laboratory, where they were held in
tanks for a one-week depuration period under control conditions: temperature of 17 ± 1 ◦C;
salinity of 30 ± 1; pH of 8.0 ± 0.1; and natural photoperiod (10 h light/14 h dark). Artificial
seawater was prepared by dissolving a commercial salt (RED SEA SALT, Éilat, Israel)
in deionized water, with continuous aeration and bi-daily water renewal. Following
depuration, mussels were acclimated for an additional week under similar conditions,
except with regard to salinity. During this week, mussels were separated into three tanks
with adjusted salinity levels: in one tank, the salinity was gradually reduced to 20 at a
rate of 2 units per day; in another tank, the salinity was gradually increased to 40 at a rate
of 2 units per day; and in the third tank, the salinity was maintained at 30. During the
acclimation phase, mussels were fed Algamac protein plus (AquaFauna Bio-Marine, Inc.,
Hawthorne, CA, USA) at a concentration of 150,000 cells per animal per day.

During the 28-day experiment, a total of 135 mussels were subjected to the previously
mentioned treatments. The organisms were placed in different aquaria, each holding
3 L of artificial seawater, with five mussels per aquarium and three aquaria for each
treatment. Mussels were fed the same diet used during acclimation three times per week.
Temperature, pH, and photoperiod were kept consistent with the depuration/acclimation
conditions. Water was renewed weekly, and Pr and Eu concentrations were re-established.
Immediately after spiking, water samples were collected from each aquarium to verify
the actual concentrations of these elements. In addition, two extra aquaria (blanks) for
each contaminated treatment, without organisms, were set up to assess the stability of the
elements. Water samples from these aquaria were collected at intervals (0, 72, 120, and
168 h after the spiking) during the first week.

At the end of the exposure period, three mussels were taken from each aquarium (nine
per treatment) for biochemical analysis. Each mussel’s tissue was homogenized with a
mortar and a pestle under liquid nitrogen and then divided into five 0.5 g fresh-weight (FW)
aliquots. The remaining tissue of one of these mussels per aquarium (three per treatment)
was used to quantify the concentrations of both elements. In addition, one mussel was
collected from each aquarium (three per treatment) for histopathological analysis. For that,
each mussel’s tissue was fixed in Davidson solution (a mixture of glycerol, formalin, 95%
ethanol, and seawater) for a period of 24 h.

2.2.1. Praseodymium and Europium Quantification

The concentrations of Pr and Eu in water and mussels’ tissues were measured using
inductively coupled plasma mass spectrometry (ICP-MS). Both elements had a quantifica-
tion limit (LOQ) of 0.01 µg/L. Upon collection, water samples were acidified with nitric
acid (HNO3) (65%), and before the analysis, the samples were diluted by a factor of 20 to
reach salinity < 2.

Mussels’ tissue samples were freeze-dried, and 0.2 g of each sample was digested with
an acid mixture containing 1 mL of HNO3 65% (v/v), 2 mL of hydrogen peroxide (30%), and
1 mL of ultrapure water (H2O). Digestion was carried out in a CEM MARS 5 microwave,
where the temperature was ramped up to 180 ◦C over 15 min and maintained at this level
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for an additional 5 min. Following digestion, ultrapure H2O was added to each sample to
reach a final volume of 25 mL. To ensure quality control, an analysis of blank samples (with
no tissue) was conducted, showing concentrations below the LOQ. The certified reference
material (CRM) BCR-668 (Mussel Tissue: 12.3 ± 1.1 µg/kg Pr and 2.79 ± 0.16 µg/kg Eu)
was analysed, and the percentage of recovery for Pr was 87%. The results were validated
with this acceptable recovery percentage for Pr since the concentration of Eu in the CRM
was below the LOQ. Differences between duplicates were <1%.

2.2.2. Biochemical Analysis

To assess the performance of the adult mussels, the biochemical parameters anal-
ysed were associated with energy balance (electron transport system (ETS) activity, to-
tal protein (PROT) and glycogen (GLY) contents); antioxidant and biotransformation
defences (such as superoxide dismutase (SOD), catalase (CAT), glutathione peroxidase
(GPx), carboxylesterases with p-nitrophenyl acetate (CbEs-pNPA), carboxylesterases with
p-nitrophenyl butyrate (CbEs-pNPB), glutathione S-transferases (GSTs) activities); redox sta-
tus and indicators of cellular damage (reduced and oxidized glutathione ratio (GSH/GSSG),
lipid peroxidation (LPO), and protein carbonylation (PC) levels). Detailed procedures for
the extractions and methods can be found in studies published by De Marchi et al. [43],
Andrade et al. [44], and Leite et al. [46].

2.2.3. Histopathological Analysis

The histopathological alterations were evaluated in the gills and digestive tubules.
After the fixation in Davidson’s solution for 24 h, the mussels’ tissues were transferred to
70% ethanol, and the gills and digestive gland were dissected. Dehydration and embedding
procedures were then conducted according to the methods described by Leite et al. [47].
For staining, a haematoxylin solution was applied following the method described by Leite
et al. [46]. Tissue alterations were observed under an optical microscope at 40× magnifica-
tion, and histopathological indices (Ih) were calculated as outlined by Leite et al. [46].

2.3. Sperm Exposure

Mussels underwent a two-week depuration and acclimation process using filtered
natural seawater (0.45 µm). The organisms were maintained at a temperature of 17 ± 1 ◦C,
with a natural photoperiod. Initially, the salinity matched that at the collection site (38),
and it was then gradually reduced over the first week to reach a salinity of 30. Throughout
the second week, a salinity of 30 was consistently maintained as the control salinity. The
seawater was aerated continuously and replaced every two days. During the second
week, mussels were provided with the same diet used during the experience with the
adult mussels.

The collection of the sperm was carried out by slightly cutting the mantle following
the procedure outlined by Mikhailov et al. [48]. For each parameter, a sperm suspension
pool from three mussels was used, with both morphology and motility checked beforehand.
The concentration in each pool (cells/mL) was measured using an Olympus CH-2 optical
microscope at 20× magnification and a Bürker counting chamber. After determining
the initial concentration, these pools were diluted to reach the targeted concentration for
each parameter. The sperm suspensions were then incubated for 30 min and subjected to
the treatments mentioned before (contaminant 1:99 sperm suspension). After incubation,
the suspensions were centrifuged at 3000× g at 4 ◦C for 5 min, and the resulting pellets
were resuspended in filtered natural seawater at salinities of 20, 30, or 40, depending on
the treatment.

Biochemical and Physiological Analysis

The quality of M. galloprovincialis sperm cells was assessed by analysing biochemical
parameters related to the production of reactive oxygen species (ROS), specifically superox-

39



J. Xenobiot. 2024, 14

ide anion (O2
−) and hydrogen peroxide (H2O2), as well as an indicator of cellular damage,

such as LPO levels. These parameters are described in Leite et al.’s work [47].
Additionally, sperm quality was also evaluated through physiological parameters,

such as the percentage of motility (% MOT), curvilinear velocity (VCL), linearity (LIN),
and wobble (WOB). The methodologies for assessing these parameters are detailed in
Leite et al.’s work [47].

2.4. Data Analyses
2.4.1. Bioconcentration Factor

The bioconcentration factor (BCF) was calculated following the approach by Arnot
and Gobas [49]. This method can be used to calculate the ratio of the concentrations in the
tissue to the concentration in the exposure medium, measured immediately after spiking.

2.4.2. Statistical Analysis

A non-parametric permutational analysis of variance (PERMANOVA + add-on in
PRIMER v6) [50] was applied to examine the concentrations of Pr and Eu in the mussel
tissue and several biological responses. These responses included biochemical changes
in adult mussels, such as in ETS, PROT, GLY, SOD, CAT, GPx, CbEs-pNPA, CbEs-pNPB,
GSTs, GSH/GSSG, LPO, and PC, as well as histopathological indices (Ih Digestive tubules and
Ih Gills). Additionally, biochemical and physiological changes in sperm were also included
(ROS (O2

−), ROS (H2O2), LPO, % MOT, VCL, LIN, and WOB). Pairwise comparisons were
conducted when the main test showed significant differences (p < 0.05). The null hypotheses
tested were as follows: (i) in terms of concentrations in mussel tissue, no significant
differences will be observed among salinities (20, 30, 40) (in the table, significant differences
are denoted by different bold and italic lowercase letters for Pr and Eu concentrations in CTL
treatments, different uppercase letters for Pr concentrations in Pr treatments, and different
lowercase letters for Eu concentrations in Eu treatments); (ii) in terms of concentrations in
mussel tissue, no significant differences will be observed between CTL and Pr as well as
CTL and Eu at each salinity (20, 30, 40) (significant differences are labelled in the table, with
the p-value in bold); (iii) in terms of biological responses, no significant differences will
be observed among salinities (20, 30, 40) in mussels and sperm (in the figures, significant
differences are denoted by different bold and italic lowercase letters for CTL, different
uppercase letters for Pr, and different lowercase letters for Eu); (iv) in terms of biological
responses, no significant differences will be observed between CTL, Pr, and Eu at each
salinity (20, 30, 40) in mussels and sperm (significant differences are labelled in the table,
with the p-value in bold).

2.4.3. Principal Coordinates Analysis

The biological responses (biochemical and histopathological changes in adults as
well as biochemical and physiological changes in sperm) were subjected to ordination
analysis by Principal Coordinates (PCO) analysis to determine the relationship between
treatments. The Euclidean distance similarity matrix was used to calculate the distance
between centroids among the different treatments (CTL 20, 30, and 40; Pr 20, 30, and 40;
and Eu 20, 30, and 40). Additionally, vectors relating to the biological descriptors were
overlaid on the PCO graph using Spearman’s correlation, with a correlation threshold
higher than 70%.

2.4.4. Independent Action Model

The type of interaction in each biological response between the combined stressors
(Pr 20, Eu 20, Pr 40, and Eu 40) was classified using the Independent Action (IA) model, as
detailed by Song et al. [51]. Predicted effects for these combinations were calculated for
each biological response according to the method reported by Leite et al. [52]. To confirm
the additivity assumptions, observed combination responses (Pr 20, Eu 20, Pr 40, Eu 40)
were compared with the IA model predictions. If the predicted values fell outside the 95%
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confidence intervals (based on the t-distribution) of the observed responses, the effects
were assumed to be non-additive [53]. In such cases, the type, strength, and direction of
these interactions were evaluated using the methodology proposed by Piggott et al. [53]
and the terminology described by Delnat et al. [54].

2.4.5. Integrated Biological Response Index

The overall response of adults and sperm to the treatments at salinities of 20 and 40 was
evaluated by calculating the Integrated Biological Response Index version 2 (IBRv2), follow-
ing the methods reported by Beliaeff and Burgeot [55] with adaptations by Sanchez et al. [56]
and described in detail by Leite et al. [52]. Toward this end, the deviation of the stress
treatments (CTL 20, Pr 20, Eu 20, CTL 40, Pr 40, and Eu 40) from the CTL treatment (CTL 30)
was calculated. The IBRv2 index was determined and the final score was divided by the
number of parameters for adults and sperm. The overall response provided by the IBRv2
index was discussed in terms of the generated scores, with higher IBRv2 values showing a
higher degree of responsiveness by mussels/sperm.

3. Results and Discussion

This study aimed to investigate the interaction between different salinity levels and
praseodymium (Pr) and europium (Eu), assessing their effects on Mytilus galloprovincialis.
To achieve this, biochemical, histopathological, and physiological responses were evaluated
in adults and sperm. Additionally, the Independent Action (IA) model was used to charac-
terize the type of interaction for each observed effect between the elements and the different
stress salinities, since it is commonly used for combinations of contaminants and natural
stressors [54]. The IA model was calculated for four combinations: Pr 20, Eu 20, Pr 40, and
Eu 40. The results indicated that for each treatment except for Pr 40, half of the responses
were additive (Tables 1–4). This suggests that, for a significant portion of the responses,
the combined effects of the elements and salinity did not significantly alter the mussels’
response beyond what would be expected by summing the individual effects of each factor.
Furthermore, at the lowest salinity level, Pr showed a higher synergetic potential than
Eu (Tables 1 and 2), while at the highest salinity level, Pr induced the highest number of
antagonistic interactions (Tables 3 and 4), suggesting that this salinity level contributed
more to mitigate the effects of Pr compared to Eu. Excluding the additive responses, most
of the mussels’ responses to Eu were antagonistic (Tables 2 and 4), suggesting that, in
general, the effects of Eu were often neutralized by salinity conditions.

Table 1. Comparison of Independent Action (IA) model predictions for the combination of
praseodymium (Pr) and a salinity of 20. IA predictions not overlapping with the 95% confidence
intervals of the observed results denote interactive effects. Interaction type is classified based on the
magnitude of combined effects and direction of individual responses.

Endpoint Predicted Observed 95% CI Observed Interaction Type (Pr 20)

ETS 0.071959 −0.09007 (−0.310–−0.130) Additive
PROT −0.50921 −0.38728 (−0.683–−0.092) Additive
GLY 0.228956 −0.34281 (−0.650–−0.035) One-directional synergism down
SOD −0.74165 −0.6203 (−0.957–−0.283) Additive
CAT −0.10988 0.106398 (−0.351–0.564) Additive
GPx −1.24261 −0.86398 (−1.443–−0.285) Additive

CbEs-pNPA 0.085179 −0.14267 (−0.276–−0.010) Bidirectional synergism down
CbEs-pNPB −0.37159 −0.09991 (−0.234–0.034) One-directional antagonism down

GSTs −0.62051 −0.37203 (−0.460–−0.284) Bidirectional antagonism down
GSH/GSSG 0.436532 0.753512 (0.535–0.972) Bidirectional synergism up
LPO adults −1.42155 −0.51835 (−0.953–−0.083) One-directional antagonism down

PC −0.2615 −0.45842 (−0.622–−0.295) One-directional synergism down
Ih G −1.02073 0.092166 (−0.267–0.451) Bidirectional antagonism up

Ih DT 0.630828 0.430727 (−0.137–0.998) Additive
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Table 1. Cont.

Endpoint Predicted Observed 95% CI Observed Interaction Type (Pr 20)

O2
− 0.580274 0.58089 (0.557–0.605) Additive

H2O2 −0.01442 −0.02047 (−0.124–0.083) Additive
LPO sperm −0.10185 −0.09611 (−0.115–−0.077) Additive

% MOT −0.24752 −0.28785 (−0.611–0.035) Additive
VCL −0.77113 −1.17094 (−1.518–−0.825) One-directional synergism down
LIN −2.03888 −0.94006 (−1.626–−0.254) One-directional antagonism down

WOB −0.06235 0.452257 (0.003–0.902) Bidirectional synergism up

Table 2. Comparison of Independent Action (IA) model predictions for the combination of europium
(Eu) and a salinity of 20. IA predictions not overlapping with the 95% confidence intervals of the
observed results denote interactive effects. Interaction type is classified based on the magnitude of
combined effects and direction of individual responses.

Endpoint Predicted Observed 95% CI Observed Interaction Type (Eu 20)

ETS 0.109028 −0.23344 (−0.420–−0.047) Bidirectional synergism down
PROT −0.40301 −0.2228 (−0.367–−0.079) One-directional antagonism down
GLY 0.32193 −0.45303 (−0.602–−0.304) One-directional synergism down
SOD −2.03106 −0.14184 (−0.556–0.272) One-directional antagonism down
CAT 0.466841 −0.02106 (−0.227–0.185) One-directional synergism down
GPx −0.81864 −0.45428 (−0.876–−0.032) Additive

CbEs-pNPA −0.08488 −0.20759 (−0.446–0.031) Additive
CbEs-pNPB −0.52316 −0.24514 (−0.433–−0.058) One-directional antagonism down

GSTs −1.46789 −0.13932 (−0.323–0.45) One-directional antagonism down
GSH/GSSG 0.605611 0.573314 (0.291–0.855) Additive
LPO adults −1.00502 −0.74099 (−1.092–−0.390) Additive

PC −0.83813 −0.30777 (−0.504–−0.112) One-directional antagonism down
Ih G −0.77222 0.167188 (−0.253–0.587) Bidirectional antagonism up

Ih DT 0.550492 0.735764 (0.632–0.840) One-directional synergism up
O2

− 0.525968 0.521473 (0.445–0.598) Additive
H2O2 0.112305 0.019767 (−0.193–0.233) Additive

LPO sperm −0.08337 −0.09313 (−0.242–0.055) Additive
% MOT −0.40977 −0.157 (−0.308–−0.006) One-directional antagonism down

VCL −0.49081 −0.46957 (−0.752–−0.187) Additive
LIN −1.51877 −1.06139 (−1.925–−0.198) Additive

WOB −0.03455 0.078448 (−0.115–0.272) Additive

Table 3. Comparison of Independent Action (IA) model predictions for the combination of
praseodymium (Pr) and a salinity of 40. IA predictions not overlapping with the 95% confidence
intervals of the observed results denote interactive effects. Interaction type is classified based on the
magnitude of combined effects and direction of individual responses.

Endpoint Predicted Observed 95% CI Observed Interaction Type (Pr 40)

ETS −0.33829 −0.19463 (−0.438–0.049) Additive
PROT −0.15784 −0.01133 (−0.086–0.064) Bidirectional antagonism down
GLY 0.509975 0.253243 (0.054–0.453) One-directional antagonism up
SOD −1.96644 −2.04563 (−2.535–−1.556) Additive
CAT 0.209357 0.548691 (0.483–0.614) Bidirectional synergism up
GPx −0.27923 0.114762 (−0.054–0.284) Bidirectional synergism up

CbEs-pNPA −0.19717 −0.43836 (−0.511–−0.366) One-directional synergism down
CbEs-pNPB −0.9087 −0.70487 (−0.817–−0.592) One-directional antagonism down

GSTs −0.802 −0.58439 (−0.767–−0.402) Bidirectional antagonism down
GSH/GSSG −0.86958 −0.19044 (−0.656–0.275) One-directional antagonism down
LPO adults −0.29403 1.031288 (0.861–1.201) Bidirectional synergism up

PC −0.0718 −0.20163 (−0.424–0.021) Additive
Ih G −0.18414 −0.06964 (−0.184–0.044) Bidirectional antagonism up
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Table 3. Cont.

Endpoint Predicted Observed 95% CI Observed Interaction Type (Pr 40)

Ih DT 0.718506 1.022093 (0.702–1.343) Additive
O2

− 0.18894 −0.0328 (−0.116–0.051) One-directional synergism up
H2O2 −0.01296 −0.08133 (−0.386–0.224) Additive

LPO sperm −0.13838 −0.13397 (−0.229–−0.039) Additive
% MOT −0.07212 −0.14695 (−0.439–0.145) Additive

VCL 0.101054 0.137288 (−0.060–0.334) Additive
LIN −2.41146 −1.11216 (−2.273–−0.049) One-directional antagonism down

WOB −0.33343 −0.04048 (−0.301–0.220) One-directional antagonism down

Table 4. Comparison of Independent Action (IA) model predictions for the combination of europium
(Eu) and a salinity of 40. IA predictions not overlapping with the 95% confidence intervals of the
observed results denote interactive effects. Interaction type is classified based on the magnitude of
combined effects and direction of individual responses.

Endpoint Predicted Observed 95% CI Observed Interaction Type (Eu 40)

ETS −0.30122 −0.18343 (−0.390–0.023) Additive
PROT −0.05164 0.186069 (0.090–0.282) Bidirectional synergism up
GLY 0.602949 0.459562 (0.364–0.555) One-directional antagonism up
SOD −3.25585 −1.02806 (−1.498–−0.558) One-directional antagonism down
CAT 0.786073 0.701732 (0.523–0.881) Additive
GPx 0.144731 0.279154 (0.073–0.485) Additive

CbEs-pNPA −0.36723 −0.07788 (−0.193–0.037) One-directional antagonism down
CbEs-pNPB −1.06027 −0.47392 (−0.673–0.275) One-directional antagonism down

GSTs −1.64939 −0.78145 (−1.373–−0.190) One-directional antagonism down
GSH/GSSG −0.7005 −0.98813 (−1.298–−0.678) Additive
LPO adults 0.122501 0.890802 (0.586–−1.195) Bidirectional synergism up

PC −0.64843 −0.07429 (−0.304–0.156) Bidirectional antagonism down
Ih G 0.064371 0.347344 (−0.104–0.799) Additive

Ih DT 0.63817 0.774256 (0.601–0.947) Additive
O2

− 0.134634 0.117904 (−0.021–0.257) Additive
H2O2 0.11376 −0.214 (−0.604–0.176) Additive

LPO sperm −0.1199 −0.12805 (−0.192–−0.064) Additive
% MOT −0.23437 −0.8684 (−1.169–−0.568) One-directional synergism down

VCL 0.381371 0.259969 (−0.471–0.991) Additive
LIN −1.89135 −0.82537 (−1.732–0.081) One-directional antagonism down

WOB −0.30564 0.308756 (−0.035–0.653) One-directional synergism up

To determine the similarities and distances between the treatments, Principal Coor-
dinates (PCO) analysis was employed. This method also enables the visualisation of the
relationships and patterns between treatments, and, in the case of this study, PCO separated
the salinity of 40 from the salinity of 20 (Figure 1A). This division shows the influence
of salinity on the observed responses. Based on this, the following sections will focus on
evaluating the influence of both salinities in the effects of Pr and Eu.

3.1. The Influence of Lower Salinity on the Elements’ Effects
3.1.1. Adults’ Exposure
Praseodymium and Europium Concentration in Water and Mussel Tissue

The data regarding the concentrations of both elements in water after spiking can
be found in Table 5, and the concentrations over one week, regarding the stability of the
elements, are presented in Table 6. The data indicate that lower salinity may have distinct
influences on reductions in Pr and Eu levels. At lower salinity, the Pr levels in water
decreased by 25% after one week, which is lower than 31% at the control salinity. For Eu, at
lower salinity, the loss was 8%, which is higher than the loss at the control salinity (3%).
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These results show the differential sensitivity of these elements to changes in salinity, likely
driven by their unique chemical properties.
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Figure 1. (A) Centroid ordination diagram (PCO) based on all biological responses measured in
adults and sperm of Mytilus galloprovincialis exposed to control (CTL), praseodymium (Pr), and
europium (Eu) at salinities of 20, 30, and 40. Spearman correlation vectors were superimposed as
supplementary variables (r > 0.7): ETS, PROT, GLY, CAT, GPx, CbEs-pNPB, GSH/GSSG, LPO (adults),
O2

−, % MOT, and VCL; (B) Integrated Biological Response (IBRv2) score divided by the number
of parameters measured in adults and sperm of Mytilus galloprovincialis exposed to control (CTL),
praseodymium (Pr), and europium (Eu) at salinities of 20 and 40.
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Table 5. Praseodymium (Pr) and europium (Eu) concentrations in water samples (µg/L) collected
after spiking from exposure aquaria as well as in mussel whole soft tissue (µg/g dry weight (DW))
and BCF (L/Kg) after 28 days of exposure to CTL, Pr, and Eu at salinities of 20, 30, and 40. Results are
presented as the mean ± standard deviation. Significant differences (p < 0.05) among salinities are
denoted by different letters (bold, italic lowercase letters indicate CTL treatments; uppercase letters
indicate Pr treatments; and lowercase letters indicate Eu treatments).

Water Samples (µg/L) Tissue Samples (µg/g DW) BCF (L/Kg)

Pr Eu Pr Eu Pr Eu

Sal 20
CTL <0.01 <0.01 0.003 ± 0.001 a <0.03 a - -
Pr 12 ± 0.5 - 0.6 ± 0.1 A - 49 -
Eu - 13 ± 0.4 - 0.2 ± 0.06 a - 18

Sal 30
CTL <0.01 <0.01 0.008 ± 0.004 ab <0.03 a - -
Pr 13 ± 0.8 - 0.3 ± 0.04 B - 25 -
Eu - 14 ± 0.5 - 0.2 ± 0.02 a - 15

Sal 40
CTL <0.01 <0.01 0.007 ± 0.001 b <0.03 a - -
Pr 13 ± 0.5 - 0.2 ± 0.09 B - 19 -
Eu - 14 ± 0.7 - 0.2 ± 0.07 a - 14

Table 6. Praseodymium (Pr) and europium (Eu) concentrations (µg/L) in seawater samples collected
from blanks in the first week (0, 72, 120, and 168 h after spiking) at three different salinities. Results
are the mean ± standard deviation.

Water Sample Concentrations (µg/L)

0 h 72 h 120 h 168 h

Sal 20
Pr 13 ± 0.09 11 ± 0.2 11 ± 0.04 9.4 ± 0.07
Eu 13 ± 0.4 13 ± 0.6 12 ± 0.4 12 ± 0.9

Sal 30
Pr 13 ± 0.03 11 ± 0.3 11 ± 0.4 9.3 ± 0.3
Eu 14 ± 0.6 12 ± 0.4 11 ± 0.07 13 ± 1.6

Sal 40
Pr 13 ± 0.3 11 ± 0.4 9.1 ± 0.3 9.9 ± 0.7
Eu 14 ± 0.3 12 ± 0.1 11 ± 0.2 10 ± 0.3

The bioconcentration factor (BCF) showed that the accumulation of both elements
by mussels was higher at a salinity of 20, despite the fact that the concentration of Eu in
mussel tissue did not significantly differ from that at the other salinities (Table 5). This
could be due to a reduced concentration of common ions and anions, which decreases
competition for absorption and limits the formation of complexes, while increasing the
bioavailability of the elements. In addition, the accumulation of Pr at a salinity of 20 was
higher than that of Eu at the same salinity (Table 5). This could have occurred because,
overall, Eu has a smaller ionic radius and a higher charge density than Pr due to the
lanthanide contraction. Because of this, Eu can form stronger bonds, which may reduce its
solubility and lead to precipitation or the formation of less soluble complexes [16]. Other
rare earth elements (REEs), namely, lanthanum (La) and gadolinium (Gd), also exhibited
an increased accumulation in mussels with a decrease in salinity [40,44]. In line with our
findings, these studies reported that Gd, which has a smaller ionic radius and a higher
charge density than La, also showed lower accumulation levels than La, highlighting the
influence of ionic size and charge on metal bioavailability and uptake.

Biochemical Analyses

To assess the energy balance of the mussels, their metabolic capacity was measured
through electron transport system (ETS) activity, while energy reserves were determined by
analysing glycogen (GLY) and protein (PROT) contents [57–59]. The ETS activity displayed
a positive correlation with CTL 20 in the PCO graph (Figure 1A), and indeed the results
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indicated that low salinity alone induced a slight metabolic increase compared to the CTL
30 (Figure 2A). This increase in metabolism may be linked to an enhanced filtration rate,
as salinity is an important abiotic factor influencing the filtration rate in bivalves [35]. For
instance, Guzmán-Agüero et al. [33] observed that reduced salinity led to an increase in
the filtration rate in the bivalve species Crassostrea corteziensis. The rise in metabolism
could also suggest that mussels might be using the additional energy to boost their defence
mechanisms. In addition, Pr seemed to consistently suppress metabolism, which was
observed at the control and lower salinity (Table 7). Such a response can indicate that Pr
plays a dominant role in terms of metabolic capacity, as predicted by the IA model. In the
case of Eu, although no significant changes were observed in the mussels’ metabolism at
the control salinity, exposure to lower salinity resulted in metabolic depression (Table 7).
This suppression of metabolic activity in the mussels exposed to Pr and Eu at lower salinity
may suggest a potential behavioural response, such as the reduction in filtration rate caused
by prolonged valve closure. This behaviour was already documented by Gosling [60] and
Ortmann and Grieshaber [61] when bivalves were placed under stressful conditions. It is
important to note that the slight metabolic increase observed in the mussels exposed to low
salinity alone was not observed in those exposed to the elements at low salinity. This might
suggest that the presence of these elements interfered with the mussels’ ability to adapt to
low-salinity stress. Accompanying the higher metabolic capacity of the mussels exposed
to low salinity alone, lower PROT content was observed compared to CTL 30 (Figure 2B),
indicating that the organisms were probably using their protein reserves to enhance their
defence mechanisms under osmotic stress. In contrast, despite the metabolic suppression
observed in the mussels exposed to Pr 20 and Eu 20, both groups showed a significant use
of GLY content (Figure 2C and Table 7). This explains the negative correlation between
these treatments and GLY in the PCO graph (Figure 1A). The organisms were likely using
GLY to fuel up their defence mechanisms. The utilisation of GLY in these treatments
points to a synergetic response (Tables 1 and 2), suggesting that the mussels were under
significant stress and that the closure of the valves was not enough. As a result, the mussels
needed additional energy to enhance the activity of their defence mechanisms. Similarly,
Andrade et al. [40] showed that non-contaminated mussels at a salinity of 20 had increased
metabolism and decreased PROT content compared to non-contaminated mussels at a
salinity of 30. Andrade et al. [41] further demonstrated that mussels exposed to yttrium
(Y) at a salinity of 20 maintained their metabolic capacity similar to those Y-exposed at a
salinity of 30.

To prevent cellular damage, organisms possess defence mechanisms, which include
antioxidant and biotransformation enzymes. These two types of enzymes serve distinct
functions; while antioxidant enzymes help neutralize the excess of reactive oxygen species
(ROS) to prevent oxidative stress, biotransformation enzymes facilitate the detoxification
and excretion of pollutants from cells [62]. The data obtained demonstrated that at lower
salinity, only the Eu-exposed mussels activated their antioxidant enzymes, specifically
superoxide dismutase (SOD), when compared to the Eu-exposed mussels at control salinity
(Figure 2D). Regarding biotransformation enzymes, carboxylesterases with p-nitrophenyl
butyrate (CbEs-pNPB) exhibited a positive correlation with Pr 20 (Figure 1A) since this
treatment induced a significant increase in that enzyme compared to the Pr-exposed mussels
at control salinity (Figure 2H). In addition, Eu 20 induced greater glutathione S-transferases
(GSTs) activity compared to that for the Eu-exposed mussels at a salinity of 30 (Figure 2I).
These enzymatic activations could explain the increase in GLY consumption observed
in these treatments. The activation of the mentioned antioxidant and biotransformation
defences at lower salinity was enough to prevent cellular damage, as demonstrated by
the lack of lipid peroxidation (LPO) and protein carbonylation (PC) (Figure 2K,L and
Table 7). This explains why, in the PCO graph, LPO is positioned opposite to Pr 20 and
Eu 20 (Figure 1A). In terms of redox balance assessed using the ratio of reduced to oxidized
glutathione (GSH/GSSG) [62], the PCO analysis showed that this parameter has a positive
correlation with Pr 20 and Eu 20 (Figure 1A), which aligns with the higher GSH/GSSG
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values observed in mussels exposed to both treatments (Figure 2J). This suggests that these
mussels were able to maintain redox homeostasis. The increase in GSH/GSSG showed that
GSH content was being accumulated and not converted in GSSG, which can be related to
the decrease in GPx and GSTs activities (Figure 2F,I) since these two enzymes are used for
the conversion of GSH into GSSG.
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Figure 2. (A) Electron transport system (ETS) activity, expressed in nmol per min per g of fresh
weight (FW); (B) protein (PROT) content, expressed in mg per g of FW; (C) glycogen (GLY) content,
expressed in mg per g of FW; (D) superoxide dismutase (SOD) activity, expressed in U per g of
FW, where U is a reduction of 50% in nitroblue tetrazolium (NBT) levels; (E) catalase (CAT) activity,
expressed in nmol of formaldehyde per min per g of FW; (F) glutathione peroxidase (GPx) activity,
expressed in nmol per min per g of FW; (G) carboxylesterase with p-nitrophenyl acetate (CbE-pNPA)
activity, expressed in nmol per min per g of FW; (H) carboxylesterases with p-nitrophenyl butyrate
(CbEs-pNPB), expressed in nmol per min per g of FW; (I) glutathione S-transferases (GSTs) activity,
expressed in nmol per min per g of FW; (J) reduced-to-oxidized glutathione (GSH/GSSG) ratio;
(K) lipid peroxidation (LPO) levels, expressed in nmol of malondialdehyde (MDA) per g of FW;
(L) protein carbonylation (PC) levels, expressed in nmol per g of FW, in Mytilus galloprovincialis
exposed to control (CTL), praseodymium (Pr), and europium (Eu) at salinities of 20, 30, and 40
for 28 days. Results are means with standard deviations. Significant differences (p < 0.05) among
salinities are denoted by different letters (bold italic lowercase letters stand for CTL treatments,
uppercase letters stand for Pr treatments, and lowercase letters stand for Eu treatments).
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Table 7. Comparison among CTL, Pr, and Eu at each salinity along with the p-values. For each
parameter/histopathological index (Ih), significant differences (p < 0.05) between treatments are
denoted by the p-values in bold.

Parameter/Ih
Salinity 20 Salinity 30 Salinity 40

CTL vs. Pr CTL vs. Eu Pr vs. Eu CTL vs. Pr CTL vs. Eu Pr vs. Eu CTL vs. Pr CTL vs. Eu Pr vs. Eu

[Pr] tissue 0.0004 - - 0.0002 - - 0.0079 - -
[Eu] tissue - 0.0025 - - 0.0001 - - 0.0114 -

ETS 0.040 0.013 0.29 0.045 0.18 0.69 0.66 0.68 0.95
GLY 0.025 0.0068 0.43 0.31 0.033 0.21 0.14 0.55 0.074

PROT 0.40 0.72 0.30 0.0057 0.17 0.32 0.28 0.37 0.017
SOD 0.68 0.14 0.11 0.55 0.030 0.0080 0.32 0.46 0.023
CAT 0.99 0.14 0.50 0.20 0.037 0.015 0.33 0.088 0.13
GPx 0.71 0.11 0.21 0.10 0.53 0.14 0.25 0.053 0.20

CbEs-pNPA 0.014 0.026 0.62 0.20 0.051 0.11 0.053 0.85 0.0047
CbEs-pNPB 0.42 0.095 0.20 0.0047 0.023 0.39 0.47 0.80 0.068

GSTs 0.25 0.077 0.56 0.51 0.011 0.010 0.20 0.73 0.50
GSH/GGSG 0.049 0.38 0.26 0.90 0.50 0.50 0.067 0.52 0.034
LPO adults 0.38 0.87 0.38 0.10 0.50 0.15 0.015 0.053 0.38

PC 0.055 0.32 0.22 0.29 0.062 0.11 0.083 0.49 0.37
Ih Gills 0.024 0.022 0.74 0.75 0.25 0.28 0.016 0.047 0.11

Ih Digestive
tubules 0.30 0.059 0.25 0.024 0.025 0.56 0.0079 0.0045 0.19

O2
− 0.046 0.36 0.14 0.42 0.45 0.043 0.056 0.62 0.091

H2O2 * * * * * * * * *
LPO sperm 0.58 0.87 0.93 0.23 0.86 0.43 0.69 0.70 0.92

% MOT 0.85 0.16 0.44 0.44 0.36 0.16 0.96 0.0057 0.014
VCL 0.016 0.55 0.018 0.68 0.70 0.51 0.29 0.97 0.59
LIN * * * * * * * * *

WOB 0.16 0.97 0.16 0.24 0.61 0.80 0.26 0.036 0.11

* Main test > 0.05.

Histopathological Analyses

The gills and digestive gland are critical organs for assessing the health statuses
of mussels when exposed to stressors. The gills serve as the initial interface with the
surrounding water, filtrating the water before it reaches other internal organs [63,64]. On the
other hand, the digestive gland plays a central role in the biotransformation of xenobiotics,
functioning as the primary site for detoxification and metabolic processing [65]. This
makes both organs highly sensitive indicators of environmental changes and contaminant
exposure. The data regarding the histopathological alterations showed that the index (Ih)
in the gills of mussels exposed to Pr and Eu at lower salinity was similar to that for those
exposed to Pr 30 and Eu 30 (Figure 3A). However, in the presence of these contaminants
at a salinity of 20, the Ih was significantly higher compared to that for CTL 20 (Table 7),
with higher haemocyte infiltration, as well as an increased number of enlarged vessels
(Figure 4A). This shows that the contaminants impacted gills, and it can explain why
mussels likely close their valves. The haemocyte infiltration and enlarged vessels can be
linked with inflammatory processes [66–68]. Concerning the digestive tubules, Pr 20 and Eu
20 showed similar Ih to Pr 30 and Eu 30 (Figure 3B), with the latter displaying significantly
higher Ih than CTL 30 (Table 7), characterized by an increase in the number of atrophied
tubules and the appearance of necrosis (Figure 4B). This type of injury is associated with
inflammatory processes [69] and may contribute to physiological impairments, such as
inefficient nutrient absorption [70]. This suggests that these elements induced consistent
histopathological injuries, regardless of the salinity level. Furthermore, the absence of
significant differences between CTL 20 and CTL 30, combined with the similar Ih values
between Pr 20 and Eu 20 to their respective salinity 30 counterparts (Figure 3A,B), indicates
that the observed effects are primarily due to the elements rather than salinity stress. Also,
Coppola et al. [71] showed that mussels exposed for 28 days to 50 µg/L of mercury (Hg) at
a salinity of 20 presented significantly higher Ih in their gills compared to those exposed to
CTL at a salinity of 20.

3.1.2. Sperm Exposure

The sperm under low-salinity conditions showed a significant increase in the produc-
tion of superoxide anion (O2

−) compared to the sperm at the control salinity (Figure 5A).
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This can indicate that salinity played a more significant role than the elements in inducing
ROS production. In addition, Pr 20 induced the highest amount of O2

− production among
the treatments at the same salinity (Figure 5A and Table 7). This elevated O2

− production
at lower salinity can indicate that the sperm were under osmotic stress. However, despite
this, no increase in H2O2 production was observed, nor was there any LPO (Figure 5B,C
and Table 7), which can suggest that the defence mechanisms were activated and sufficient
to prevent cell damage. Regarding the motility of the sperm, lower salinity by itself seemed
to be prejudicial to the motility of the sperm, as there was a decrease in the percentage of
motility at CTL 20 compared to the sperm at CTL 30 (Figure 5D). However, the combination
of lower salinity and Pr or Eu did not induce significant differences compared to their
counterparts at control salinity (Figure 5D). This may suggest that these elements have a
neutralizing effect on the stress response, preventing further motility decline compared to
CTL 20. On the other hand, the velocity of the sperm exposed to the treatments at lower
salinity was significantly lower than that for the sperm at control salinity (Figure 5E), which
explains the opposite position of the velocity from Pr 20 and Eu 20 in the PCO (Figure 1A).
Furthermore, the lowest velocity was observed for the Pr-exposed sperm (Figure 5E and
Table 7). This behaviour is likely due to the increase in O2

− production observed in that
treatment, since it may affect mitochondrial function and, subsequently, sperm function [72].
Furthermore, despite there being no significant differences (Figure 5F), it seemed that linear-
ity (LIN) decreased in sperm exposed to the treatments at lower salinity compared to that
for the sperm at CTL30 (Figure 5F). In addition, a more pronounced irregular movement
(WOB) was observed in sperm exposed to Pr 20 (with no significant difference) than in the
sperm exposed to CTL and Pr 30 (Figure 5G). Trifuoggi et al. [25] demonstrated that when
sperm of two sea urchin species (Paracentrotus lividus and Sphaerechinus granularis) were
exposed to 10−4 M and 10−5 M of Eu, the offspring of the sperm exposed to 10−5 M did not
present developmental defects. In contrast, the offspring from the sperm exposed to 10−4

M were severely affected, with significant developmental defects. Furthermore, Cuccaro
et al. [73] observed that the sperm of Ficopomatus enigmaticus exposed to cadmium (Cd),
arsenic (As), and zinc (Zn) at a salinity of 20 did not exhibit higher LPO levels than the
sperm exposed at a salinity of 30.
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28 days. Results are means with standard deviations. Significant differences (p < 0.05) among
salinities are denoted by different letters (bold italic lowercase letters stand for CTL treatments,
uppercase letters stand for Pr treatments, and lowercase letters stand for Eu treatments).
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Figure 4. Representative micrographs of the histopathological alterations observed in (A) gills and
(B) digestive tubules of Mytilus galloprovincialis exposed to control (CTL), praseodymium (Pr), and
europium (Eu) at salinities of 20, 30, and 40 for 28 days and stained with haematoxylin. Alterations:
lipofuscin aggregates (*); enlargement of the central vessel (double-headed arrow); haemocyte
infiltration (red circle); loss of cilia (single arrow) atrophy (a); necrosis (n). Scale bar: 50 µm.
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europium (Eu) at salinities of 20, 30, and 40 for 30 min. Results are means with standard deviations. 
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Figure 5. (A) Superoxide-anion-derived reactive oxygen species (ROS (O2
−)) production, expressed in

arbitrary units of fluorescence intensity (a.u.); (B) hydrogen-peroxide-derived reactive oxygen species
(ROS (H2O2)) production, expressed in a.u.; (C) lipid peroxidation (LPO) levels, expressed as the
fluorescence intensity ratio (FIR); (D) motility, expressed as percentage (%) of motility; (E) curvilinear
velocity (VLC), expressed in µm per s; (F) linearity (LIN); and (G) wobble (WOB) in sperm of the
species Mytilus galloprovincialis exposed to control (CTL), praseodymium (Pr), and europium (Eu)
at salinities of 20, 30, and 40 for 30 min. Results are means with standard deviations. Significant
differences (p < 0.05) among salinities are denoted by different letters (bold italic lowercase letters
stand for CTL treatments, uppercase letters stand for Pr treatments, and lowercase letters stand for
Eu treatments).

3.2. The Influence of Higher Salinity on the Elements’ Effects
3.2.1. Adult Exposure
Praseodymium and Europium Concentrations in Mussel Tissue

Higher salinity had contrasting effects on Pr and Eu when compared to the control
salinity. While Pr loss decreased slightly at a salinity of 40 (amounting to 25% at a salinity of
40 and 31% at a salinity of 30), Eu loss increased dramatically (28% at a salinity of 40 and 3%
at a salinity of 30). These findings emphasise the differential behaviour of these elements in
saline environments, driven by their distinct chemical properties, such as solubility and
interactions with other ions in the system.

The accumulation of Pr at higher salinity was lower than the accumulation of Pr in
mussels exposed to control salinity, while the accumulation of Eu remained similar (Table 5).
This is likely because Pr has a higher ionic radius and may experience more ion competition
under high-salinity conditions. On the other hand, Eu may form stronger complexes
and have more stable bioavailability, explaining the more consistent accumulation across
salinities. Despite this, the concentrations of the elements in the mussels’ tissues were more
similar at a salinity of 40 compared to a salinity of 30 (Table 5). Similarly, Freitas et al. [74]
observed that the concentrations of lead (Pb) in mussels’ tissues were similar at the higher
salinity (35) and control salinity (30).
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Biochemical Analyses

Unlike the mussels at CTL 20, those at CTL 40 slightly decreased their metabolic
capacity (Figure 2A), suggesting that they were attempting to reduce filtration by closing
their valves to minimize stress. On the other hand, the mussels exposed to Pr and Eu at
higher salinity did not significantly change their metabolic capacity compared to those
exposed to Pr and Eu at control salinity (Figure 2A). This suggests that these elements
could have neutralized the need to close the valves imposed by the higher salinity. Re-
garding the energy reserves, along with the limited changes in their metabolic capacity,
the mussels kept at higher salinity increased their PROT and GLY content compared to
those at control salinity (Figure 2B,C), revealing that the mussels were able to avoid energy
reserve expenditure under this condition. This explains the association in the PCO graph
between the energy reserves and the treatments at a salinity of 40 (Figure 1A). Similarly,
Freitas et al. [31] observed that when exposed to a higher salinity (35), this species reduced
its metabolism and increased GLY and PROT content compared to those under the control
salinity (28). De Marchi et al. [43] also noted a trend of reduced metabolism in mussels at a
salinity of 37 compared to those at 28. However, the author also found no changes in the
metabolism between mussels exposed to carbon nanotubes at a higher salinity than those
also exposed but at the control salinity.

Concerning antioxidant enzymes, the mussels exposed to the highest salinity had
higher CAT activity than their counterparts at a salinity of 30 (Figure 2E), which justifies the
strong correlation observed in the PCO analysis between this parameter and CTL 40 and
Eu 40 (Figure 1A). Mussels exposed to Pr 40 also activated GPx (Figure 2F) to eliminate the
excess of ROS, explaining the association observed in the PCO graph between the treatment
and this parameter (Figure 1A). Regarding the biotransformation enzymes, the mussels
did not activate these defences when they were kept under high salinity (Figure 2G–I and
Table 7). It seems that Pr 40 induced the inhibition of these enzymes since the activity
decreased compared to that at a salinity of 30 (Figure 2G–I). Nevertheless, the activation of
antioxidant enzymes was enough to avoid PC (Figure 2L) but not sufficient to prevent LPO
(Figure 2K), justifying the positive association between the treatments at a salinity of 40 and
LPO (Figure 1A). Similarly, a study conducted by Andrade et al. [44] noted that mussels
exposed to Gd at a salinity of 40 presented significantly more LPO than those exposed to
Gd at a salinity of 30. The present study, further demonstrates that the mussels subjected to
high salinity were under redox imbalance (Figure 2J). The results revealed that in the PCO
graph, GSH/GSSG was in the opposite position from CTL 40 and Eu 40 (Figure 1A), and
this is because mussels under these treatments presented the lowest values of GSH/GSSG
(Figure 2J). This indicates that these mussels were using more GSH to neutralize ROS and
convert GSH to GSSG, likely using GPx activity since the activity of this enzyme increased
at this salinity (Figure 2F).

Histopathological Analyses

The histopathological data indicated that salinity did not have much influence on the
alterations observed in gills and digestive tubules. The Ih in gills and digestive tubules
showed no significant differences between the mussels at control salinity and those kept
under higher salinity (Figure 3A,B). On the other hand, at a salinity of 40, the mussels
exposed to Pr and Eu presented a significantly higher Ih compared to those exposed to CTL
(Table 7). In the case of the gills, the mussels exposed to Pr 40 showed higher haemocyte
infiltration, while those exposed to Eu presented an increase in lipofuscin aggregates and
enlarged central vessels (Figure 4A). In terms of digestive tubules, the Pr-exposed mussels
presented more lipofuscin aggregates and an increased number of atrophied tubules,
while the Eu-exposed mussels only presented more necrotic tubules (Figure 4B). Like the
mussels kept under low salinity, those under high salinity were also under stress since the
inflammatory system was likely activated due to haemocyte infiltration in the gills and
atrophied digestive tubules. Additionally, lipofuscin aggregates showed that under this
salinity, cellular damage was present both in the gills and digestive tubules [75]. Similarly,
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Coppola et al. [71] observed that after 28 days of exposure to Hg (50 µg/L), mussels of
M. galloprovincialis kept at a salinity of 40 presented significantly higher Ih in their gills
and digestive tubules compared to those at CTL 40. Also, Pagano et al. (2016b) observed
histological alterations in the gills and digestive system of M. galloprovincialis when exposed
to quaternium-15 under high salinity (37) in comparison to non-contaminated mussels at
the same salinity.

3.2.2. Sperm Exposure

In the case of the sperm, it seemed that they were not under oxidative stress when
exposed to higher salinity, as there was no increase in ROS production compared to the
sperm kept under the control salinity, nor was any LPO observed (Figure 5A–C and
Table 7). This could have happened because the ROS were being neutralized by the defence
mechanisms or because these treatments did not induce sufficient stress to induce oxidative
stress. In terms of motility, compared to the sperm at control salinity, the percentage of
motile sperm was slightly lower in the non-contaminated sperm at higher salinity and
significantly lower in the Eu-exposed sperm (Figure 5D). In addition, at higher salinitya
salinity of 40, the Eu-exposed sperm presented a significantly lower percentage than the
CTL and Pr-exposed ones at the same salinity (Table 7). This might suggest that Eu may
exacerbate the effects of high salinity, as this combination is detrimental to the motility of
sperm. On the other hand, the velocity of the sperm at a salinity of 40 was not reduced
when compared to that for the sperm kept at a salinity of 30 (Figure 5E). This may suggest
that the sperm could be consuming more oxygen to maintain their velocity, as suggested
by Rahi et al. [76]. This could compensate for the loss of sperm motility and thus help
ensure fertilisation success. Similar to the observations at lower salinity, although no
significant differences were observed (Figure 5F), the LIN appeared to decrease in sperm at
higher salinity compared to that for non-contaminated sperm at control salinity (Figure 5F),
potentially impairing fertilisation. Additionally, Eu 40 induced significantly more irregular
sperm movement compared to that for the sperm at CTL 20 (Table 7), which can also impair
fertilisation. Pagano et al. [77] found that in the sperm of P. lividus, 10−5 M of Eu did
not induce any change in the success of fertilisation and the percentage of developmental
defects in the offspring. On the other hand, 10−4 M of Eu caused a reduction in fertilisation
success and an increase in the percentage of developmental defects. Cuccaro et al. [73]
observed that the exposure of F. enigmaticus sperm to Cd and copper at a salinity of 40 did
not induce any change in the production of ROS nor cause an increase in LPO levels in
comparison to sperm kept at a salinity of 30.

3.3. Salinity of 20 vs. Salinity of 40

To compare the overall impacts of each treatment at salinities of 20 and 40 and identify
the worst treatments for both adults and sperm, the Integrated Biological Index (IBR) was
employed. This index is considered one of the most commonly used among similar indices
developed in recent years, as noted by Catteau et al. [78]. Its wide applicability is demon-
strated by its use by several authors, including Khan et al. [79] and Andrade et al. [41].

According to the IBR index, both elements combined with a salinity of 40 constituted
the treatments that induced the most alterations in adult mussels (Figure 1B). Mussels
exposed to these treatments exhibited inhibited SOD activity and increased CAT and GPx
activities. Additionally, these mussels were under oxidative stress indicated by redox
imbalance and higher LPO levels. For sperm, specific treatments also induced higher
alterations. Pr 20 and Eu 40 induced the potential increase in the irregular movement of
sperm. In addition, Eu 40 led to a reduction in motile sperm, while the sperm exposed to
Pr 20 exhibited the lowest velocity and higher production of O2

−. These alterations yielded
the highest IBR scores for Pr 20 and Eu 40 in sperm, identifying them as the treatments most
detrimental to sperm function in mussels (Figure 1B). Furthermore, comparing the IBR
scores for adults and sperm provided insights into differential sensitivity. At lower salinity,
the IBR scores for adults and sperm exposed to CTL and Eu were similar (Figure 1B),
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suggesting comparable sensitivity to these treatments. However, Pr at lower salinity
seemed to induce higher alterations in sperm than in adults (Figure 1B), which could
indicate a higher sensitivity of sperm to this treatment. Similar to the results for lower
salinity, adults and sperm at higher salinity showed similar IBR scores when exposed
to the CTL and Eu treatments (Figure 1B). On the other hand, contrary to what was
observed at lower salinity, adult mussels exposed to Pr at higher salinity showed higher
responsiveness than sperm, with a higher IBR score (Figure 1B). These findings highlight
the complex interactions between environmental stressors like salinity and exposure to
REEs, with salinity modulating the biological impacts of REEs on different life stages in
mussels. The different sensitivities of adults and sperm to the tested stressors suggests that
environments contaminated with REEs and subjected to fluctuating salinity could induce
distinct ecological impacts on population dynamics and reproductive health.

These findings provide essential insights into how REEs and salinity shifts can im-
pact aquatic ecosystems. These biochemical and histopathological alterations observed
in mussels can impair cellular and physiological functions, energy allocation, and home-
ostasis, affecting their health, growth, and reproductive capacities. The observed effects
on sperm further emphasise potential reductions in reproductive success, which could
lead to a decline in mussel populations. A diminished mussel population could disrupt
mussels’ ecological roles, such as maintaining trophic balance and supporting biodiversity.
Additionally, it could reduce the critical ecosystem services provided by mussels, including
water filtration and nutrient cycling, ultimately affecting the health and stability of the
aquatic environment.

4. Conclusions

The present study demonstrated that shifts in salinity could modulate the effects of
both Pr and Eu in different life stages of Mytilus galloprovincialis. High salinity combined
with both elements induced the most alterations in adult mussels, including changes in
defence mechanisms, causing redox imbalance and cellular damage. On the other hand,
sperm showed particular sensitivity to specific REE–salinity combinations, with the most
changes in motility and velocity observed when exposed to Pr at low salinity and Eu
at higher salinity. Interestingly, while adults and sperm exhibited similar responses to
Eu across salinities, Pr exposure revealed distinct vulnerabilities, with sperm being more
affected at low salinity and adults being more affected at high salinity. These findings
highlight the ecological risks posed by REE pollution, particularly under varying envi-
ronmental salinities, which could influence mussel reproductive success and population
dynamics. Such changes may impact ecosystems, affecting biodiversity and ecosystem
services, including water filtration and nutrient cycling. This study emphasises the need for
further research, incorporating additional REEs, species, and environmental stressors like
temperature fluctuations or pH variations. Developing predictive models for REE toxicity
under dynamic environmental scenarios is crucial for better risk assessment and mitigation
strategies in coastal ecosystems prone to REE contamination. However, caution must be
exercised when utilizing such models due to the complexity of REE-salinity interactions.
This study highlights the need to validate models with observed data since half of the
parameters were not additive for most treatments, and for one treatment in particular,
neither half was additive. Additionally, this research provides some data that can help
to predict potential ecological impacts induced by REEs–salinity interactions, helping to
guide regulations aimed at protecting aquatic ecosystems and ensuring the sustainability
of services provided by bivalves like mussels.
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Abstract: Nanoplastics are known to represent a threat to marine ecosystems. Their combination
with other contaminants of emerging concerns (CECs) may amplify ecotoxic effects, with unknown
impacts on marine biodiversity. This study investigates the effects, single and combined, of bisphenol
A (BPA)—one of the most hazardous CECs—and polystyrene nanoparticles (PS NPs)—as a proxy
for nanoplastics, being among the most commonly found asmarine debris—on cholinesterase (ChE)
activities of the ascidian Ciona robusta. ChE activity was first measured in the siphons, tunic, and
viscera of wild-caught adult specimens and exposed in vitro to BPA (0.01, 0.21, 0.69 mM) and PS
NPs (0.0096–0.096 mM; 8.096 × 109–1010 particles, respectively) alone and combined for 15 min of
incubation. PS NPs’ behavior in milliQ water and in the ChE assay reaction buffer was characterized
alone, combined with BPA, and analyzed through ζ-potential measurements via Dynamic Light
Scattering. The results revealed that ChE activity was predominant in the viscera and siphons of
C. robusta; PS NPs did not affect the ChE activity alone or combined, while BPA caused a concentration-
dependent inhibition of ChE activity in the viscera. No changes in ζ-potential were observed for PS
NPs alone or combined with BPA in the ChE buffer, suggesting no interaction. Further investigations
are needed to understand the potential neurotoxic consequences for C. robusta and ecological risk
scenarios due to exposure to BPA and nanoplastics in marine coastal waters.

Keywords: ecotoxicology; cholinesterases; ascidians; emerging contaminants; mixture toxicity;
polystyrene nanoparticles

1. Introduction

Cholinesterases (ChE), and in particular acetylcholinesterase activity (AChE), are
widely used as biomarkers of neurotoxicity in marine pollution monitoring and assess-
ment due to their conservative role in hydrolyzing the neurotransmitter acetylcholine in
the peripheral and central nervous systems of many organisms [1]. Studies have demon-
strated that exposure to certain compounds, including industrial chemicals and plastic
additives, causes AChE inhibition in marine species, highlighting the sensitivity of this
biomarker also for monitoring the effects of contaminants of emerging concern (CECs) [2,3].
A wide range of toxic chemicals can potentially inhibit AChE activity across diverse species,
from invertebrates to mammals, thus impairing neurotransmission and embryo develop-
ment [4,5]. Bisphenol A (BPA) is among the most hazardous CECs associated with domestic
sewage effluents and it is widely used in the production of epoxy resins and polycarbonate
plastics [6]. BPA is nearly ubiquitous in aquatic environments, with a strong association
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with plastic waste [7]. Data on the environmental fate of BPA—as well as its levels in
environmental matrices—are scarce as compared to data on its biological effects, which
include a broad range of biological functions, such as phenotypic abnormalities, altered
behavior and disruption in the cardiovascular and reproductive system, with consequences
on development, growth, and survival of marine species [8–10]. The biological effects
of BPA are most likely mediated by its endocrine-disrupting action—particularly as an
estrogen-mimic—thus impacting development, metabolism, and the reproductive system,
but also affecting the central nervous system (CNS) [11]. Recent findings on BPA as a neuro-
toxicant revealed that the bioaccumulation in the zebrafish brain causes overexpression of
myelin (MBP), with significant inhibition of AChE activity [3]. Therefore, AChE is a target
of BPA also in Ciona and merits further investigation also in realistic exposure scenarios
when mixtures of CECs are present and affect biological responses as well as pathways
of ecotoxicity. Nanoplastics are listed among CECs and being abundant in the marine
coastal waters of the Mediterranean Sea, they can interact with other micropollutants
released into wastewater treatment plants’ effluents, including plastic additives such as
BPA. As such, nanoplastics and BPA can interact, leading to synergistic, antagonistic, or
additive effects and thus affecting several biological functions of marine species [12–14].
Current evidence suggests that plastics, regardless of whether they are micro or nano size,
play a substantial role in exposing marine organisms to complex mixtures of chemical
contaminants [15–17]. The neurotoxicity of nanoplastics and BPA single and/or combined
has been overlooked in marine species, although exposure to them occurs in marine coastal
areas. We recently demonstrated the absence of interaction between BPA and nanoplastics
(polystyrene nanoparticles, PSNPs) in natural seawater, using as an end point the develop-
ment of Ciona robusta embryos. While BPA alone caused a reduced pigmentation of sensory
organs (4.5 µM and 10 µM), in agreement with previous findings [18–20], no effect was
observed by PS NPs at the range of tested concentrations (1 and 10 g/mL) either alone or
combined with BPA [21]. The ability of salts and natural organic matter (NOM) present in
natural seawater (NSW) were considered responsible for limiting BPA adsorption onto PS
NPs, as also demonstrated by the significant changes observed in the ζ-potential, which
was far less negative upon incubation with NSW. Indeed, the ζ-potential is a measure of
the electrical potential at the boundary between the particle and the water suspension;
therefore, it represents a crucial indicator of the stability of colloidal dispersions, here
applied to PS NPs in NSW.

The ascidian Ciona spp.—at the embryo, juvenile, and adult stages—is increasingly
used in ecotoxicological studies, thanks to its phylogenetic position as a sister group of
vertebrates [22]. Adults have been used to monitor anthropogenic stressors such as heavy
metals, MPs, phthalate acid esters, and pharmaceutically active compounds [23,24] while
embryos and juveniles have been instrumental in addressing nanoplastic ecotoxicity [19,25].
A remarkable increase in AChE activity has been detected after the exposure of unfertilized
eggs, embryos, and juveniles of Ciona to tributyltin—a toxic organotin compound used
primarily as an antifouling agent—suggesting that this enzyme is targeted by it [26,27].

Our study aims to characterize ChEs’ activity across different tissues of Ciona robusta
and assess the in vitro effects of BPA and PS NPs, single and combined. An in vitro
study was performed using a range of concentrations (0.01–0.21–0.69 mM for BPA and
0.0096–0.096 mM for PS NPs) resembling realistic and acute exposure scenarios and to
align with previous investigations on embryotoxicity [21].

2. Materials and Methods
2.1. Materials

Unfunctionalized 20 nm PS NPs were purchased from Bangs Laboratories Inc. (Fishers,
IN, USA) and received as stock suspensions (100 mg/L) in deionized water. To resemble
realistic exposure scenarios to PS NPs in the marine environment, an unfunctionalized
batch was tested here. A brief 15 min bath sonication at 70% power was performed on the
stock suspensions to ensure optimal dispersion and prevent aggregation. Subsequently,
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working suspensions of PS NPs were prepared at concentrations of 1 mg/L and 10 mg/L
in MilliQ water (mQW) and stored in sterile vials at 4 ◦C until use. PS NPs’ stock char-
acterization in mQW was performed by Dynamic Light Scattering (DLS) and already
reported by Ferrari et al. [21] (ζ-Average (nm) 22.8 ± 0.3 nm, PDI 0.35 ± 0.4, ζ-Potential
(mV) 51 ± 5 mV). Here, the ζ-potential (mV) of PS NPs aliquot alone and combined with
BPA in mQW and in the ChE reaction buffer (0.1 M Na2PO4, pH 7.2, Ellman et al. [28])
used for in vitro ChE analysis was measured to infer potential interaction between particles
and BPA in the exposure media. The measurements were carried out using 50 µg/mL
of PS NP and 0.69 mM of BPA using a Zetasizer Nano ZS90 (Malvern, Malvern, UK)
equipped with the Zetasizer Nano Series software (Version 7.02). BPA was purchased
from Merck (CAS Nr. 80-05-7) and dissolved in mQW after a bath sonication (10 min,
70% power) at 50 mg/L, 100 mg/L, and 300 mg/L stock solutions. A standardization
of units for BPA and PS NPs was conducted using molarity based on their respective
molecular weights (BPA: 228.29 g/mol, Styrene: 104.15 g/mol) and the number of NPs/mL
has been calculated for both concentrations of PS NPs (see Appendix A—Supplementary
information). So, the BPA range of tested concentration was: 0.01–0.21–0.69 mM; PS
NP 0.0096–0.096 mM and 8.096 × 109–8.096 × 1010 particles. Acetylthiocholine (iodide)
(ASCh), 5,5′-Dithio-bis-(2-nitrobenzoic Acid) (DTNB), and selective inhibitor of AChE
1,5-Bis(4-allyldimethylammoniumphenyl) pentan-3-one dibromide (BW284c51) (Sigma,
St. Louis, MO, USA).

2.2. Ciona robusta

Adult specimens of ascidian Ciona robusta were collected in the Gulf of Taranto (Italy)
by local fishermen between March and June 2023 and immediately shipped in cool boxes
to the University of Siena (Italy). Animals were kept in the aquarium for 1 week in
NSW collected from the Tuscany coast of the Mediterranean Sea (18 ± 1 ◦C, salinity
40 ± 1‰, dissolved O2 7 mg/L, pH 8.1), specimens were kept under constant aeration and
photoperiod (16:8, light/dark).

2.3. AChE Activity Characterization

Three types of tissues as inner body organs (branchial sac, heart, viscera and gonads
(V), tunic (T), and siphons (S)) of 51 adult specimens were carefully dissected and stored
separately in 1.5 mL Eppendorf for ChE activities characterization. Tissues (V, S, T) were
finely cut with scissors while kept on ice and homogenization buffer (Low Salt Triton,
20 mM Tris, 5 mM MgCl2, 0.1 mg/mL Bacitracin, 8 × 10−3 TIU/mL Aprotinin, 1% Triton
X-100, pH = 7.4) was added in weight/volume (w/v) ratios as 1:5: 0.1 g: 0.5 mL. Samples
were homogenized using a Potter–Elvehjem and centrifuged at 8400× g and 4 ◦C for 20 min.
The pellet was then discarded, and the supernatant obtained from V, S, and T was used for
the measurement of ChE activities; preferably fresh or upon storage at −80 ◦C. The AChE
activity was assayed by the method of Ellman et al. [28], modified for a microplate reader.

ASCh was selected as a preferential substrate to determine the optimum concentration
for the measurement of true-AChE activity. Initial assay conditions in the reaction mixture
(final volume 300 µL) were as follows: 0.1 M ChE reaction buffer (0.1 M Na2PO4 pH 7.2),
supernatant (V, S, and T), DTNB (1 mM), and ASCh substrate (1 mM). Each sample was
evaluated in three replicates. The reaction starts when the substrate is added and read for
5 min. The amount of supernatant and ASCh was changed to obtain a better linearity of the
reaction curve as follows: four different amounts of supernatant (40, 60, 80, and 100 µL) and
three amounts of ASCh (10, 15, and 20 µL) were tested. Reaction rates were measured using
a BIO-RAD max tunable microplate reader (Model550) (BioRad Laboratories, 2000 Alfred
Nobel Drive, Hercules, CA) which measured the rate of change of absorbance at 405 nm
for 5 min after the addition of substrate at 20 ◦C. ChE vs. ASCh activities were initially
expressed as ∆ absorbance units/min, converted to nmoles hydrolyzed substrate/min and
normalized by tissue total protein content (mg).
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2.4. Acetylcholinesterases Activity In Vitro Study

The inhibition studies were carried out by incubating for 15 min the reaction mixture
(as a modification of the Ellmann method [28]) (supernatant V, S, and T; ASCh, DTNB) with
BPA and PS NPs single and in combination at the following concentrations: BPA 0.01 mM,
0.21 mM, and 0.69 mM, PS NPs 1–10 mg/L (respectively, 0.0096 mM and 0.096 mM and
8.096 × 109–8.096 × 1010 particles), PS NPs (0.096 mM) combined with BPA (0.69 mM).
BW24C51 was used to confirm true-AChE activity as a selective inhibitor of pure AChE by
adding 20 µL (1 µM final reaction concentration) to the reaction mixture and incubating for
15 min.

To determine the inhibition of BPA, the stock solutions were diluted in the reaction
buffer to reach the respective concentrations (0.01–0.21–0.69 mM) and added to the mixture
as follows: 160 µL 0.1 M Reaction buffer (pH 7.2) and BPA, supernatant 100 µL, 20 µL DTNB
(1 mM), and 20 µL of ASCh substrate (1 mM); incubating for 15 min. The same procedure
was carried out for PS NPs (0.0096–0.096 mM). To carry out the combined exposure in vitro,
PS NPs (0.096 mM) and BPA (0.69 mM) were diluted in the same vial with reaction buffer
and then added to the mixture, following the same process as described earlier. Each
sample was analyzed in three replicates and, subsequently, the mean was calculated among
samples subjected to the same treatment to obtain a representative value for each treatment.
The total protein concentration of extracts of Ciona tissues (T, S, and V) was measured
following the method of Bradford [29] using bovine serum albumin as standard; values are
expressed in mg total protein per ml supernatant.

2.5. Statistical Analysis

Data are shown as mean ± standard deviation. Statistical analysis was performed
using GraphPad Prism software (Version 8.0.1, San Diego, CA, USA) using 2-way ANOVA
with a Tukey multiple comparisons test with significance indicated in the figures as
* p < 0.0001 and Unpaired t-test, significance as * p < 0.01. A Pearson correlation test
was used to analyze concentration-dependent variables in the Ellman assay.

3. Results
3.1. Behavior of PS NPs in mQW and Combined with BPA in ChE Reaction Buffer

DLS analysis on the ζ-potential of PS NPs was performed on NPs alone in mQW
and combined with BPA in ChE reaction buffer solution at time 0 and after 15 min, to
resemble the in vitro incubation media and time (Table 1). PS NPs showed a negative
surface charge in mQW (−51 ± 5 mV) (Table 1) and similar values were also measured in
those suspended in ChE reaction buffer either alone (−49.1 ± 1.78 mV) and with BPA at T0
(−50.8 ± 1.72 mV) and after 15 min of incubation T15 (−47.3 ± 1.57 mV).

Table 1. ζ-potential measured by Dynamic Light Scattering (DLS) of non-functionalized PS NPs
(50 µg/mL) alone in mQW and combined with BPA (0.69 mM) in ChE reaction buffer, at time 0 (T0)
and after 15 min of incubation (T15). Values are shown as mean ± standard deviation.

ζ-Potential (mV)

mQW −51 ± 5
ChE reaction buffer −49.1 ± 1.78

ChE reaction buffer + BPA (T0) −50.8 ± 1.72
ChE reaction buffer + BPA (T15) −47.3 ± 1.57

3.2. Characterization of ChE Activity in Ciona Tissues

As a first step, ChE vs. ASCh activities on viscera (V), tunic (T), and siphon (S) were
assessed. The findings indicate that the viscera (V) of Ciona exhibited the highest ChE
activity vs. ASCh compared to tunic (T) and siphon (S) (Figure 1) (* p-value < 0.0001).
Only in V and S, variations in substrate ASCh concentration (0.24 mM to 0.48 mM) and
the amount of tissue extract (40 µL–100 µL) significantly affected ChE activities with a
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similar pattern (Table 2); however, activities of T extract did not vary (Table 3). Moreover,
by increasing the amounts of the samples of V extracts (ranging from 40 to 100 µL) and
substrate (0.24 and 0.48 mM), ChE vs. ASCh significantly increased. The Pearson correlation
coefficient “r” was 0.94 and 0.99, respectively, indicating a clear and proportional correlation
(Table 3). The use of the selective inhibitor BW284C51 reveals that ChE vs. ASCh activities
in V were mostly of AChE, since the inhibition observed was 84.36% of the total activity
measured without the inhibitor (Table 2).
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Figure 1. ChE vs. ASCh activity (nmol/min/mg prot) in the three tissues of Ciona as siphons
(S), tunic (T), and viscera (V). Values are shown as mean ± standard deviation. Asterisks denote
significant differences compared to (V) group. A 2-way ANOVA with a Tukey multiple comparisons
test was performed.

Table 2. Optimization of ChE vs. ASCh in viscera (V) and sensitivity towards the selected AChE
inhibitor BW. ChE activities are expressed as nmol/min/mg proteins and shown as mean ± standard
deviation.

Viscera (V)

Extract (µL) Substrate ASCh (mM) ChE

40

0.24

58.2 ± 21.6
60 76.8 ± 7.8
80 81.8 ± 3.2
100 126 ± 8.7

Extract (µL) Substrate ASCh (mM) ChE

100
0.24 90.3 ± 16.2
0.36 136.6 ± 26.2
0.48 201.7 ± 14.8

Extract (µL) Substrate ASCh (mM) ChE BW284C51
(1 µM) residual activity

100 0.48 95.1 ± 8.6 10.8 ± 2.4
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Table 3. Optimization of ASCh vs. ChE in siphons (S) and tunic (T) of Ciona. ChE vs. ASCh activities
are expressed as nmol/min/mg proteins and shown as mean ± standard deviation.

Siphons (S) Tunic (T)

Extract (µL) Substrate ASCh (mM) ChE ChE

40

0.24

58.2 ± 21.6 1.04 ± 0.7
60 76.8 ± 7.8 0.18 ± 0.6
80 81.8 ± 3.2 11.6 ± 2.2

100 126 ± 8.7 0.18 ± 0.6

Extract (µL) Substrate ASCh (mM) ChE ChE

100 0.48 9.13 3.78

3.3. In Vitro BPA and PS NP Exposure Study

Figure 2A shows the inhibition of ChE vs. ASCh activity caused by BPA in viscera (V)
extracts of Ciona. A clear concentration-dependent inhibitory effect was observed, with
a significant decrease in ChE vs. ASCh activity as the BPA concentration increased. This
decrease is already observable at the lowest BPA concentration (−30%; 0.01 mM) compared
to the control group. All tested concentrations significantly decreased ChE vs. ASCh
activity in V extracts compared to the control (* p < 0.0001), with an inhibition percentage of
approximately 50% for 0.21 mM and 0.69 mM BPA. Conversely, exposure to PS NPs at both
molarities (0.0096 and 0.096 mM) did not cause any inhibition in ChE vs. ASCh activity
(Figure 2B) with values such as unexposed tissue extracts. Combined exposure to PS NPs
and BPA, both administered at their highest doses (0.096 mM and 0.69 mM, respectively),
caused a significant inhibition (* p < 0.01) compared to control (Figure 2C). This inhibition
was notably like the effect observed with BPA alone at the intermediate and the highest
concentration tested (Figure 2A). Table 4 presents the percentage of inhibition for each
concentration tested on ChE vs. ASCh activity.
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Figure 2. ChE vs. ASCh activity (A) = BPA alone, (B) = PS NPs alone, (C) = PS NPs + BPA combined)
in the viscera of Ciona in vitro exposed to BPA (0.01–0.21–0.69 mM), PS NPs (0.0096–0.096 mM) and
combined (0.096 mM PS NPs and 0.69 mM BPA). Values are shown as mean ± standard deviation.
Asterisks denote significant differences compared to control groups and letters between treatment
groups (a = 0.01 mM, c = 0.69 mM). Two-way ANOVA with a Tukey multiple comparisons test and
anUnpaired t-test were performed.
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Table 4. Percentage of ChE vs. ASCh activities inhibition vs. controls (Ctrl).

BPA Alone (mM) %ChE Inhibition

Ctrl 0
0.01 26.8
0.2 48.42
0.69 50.86

PS NPs Alone (mM) %ChE Inhibition

Ctrl 0
0.0096 0
0.096 0

BPA + PS NPs (mM) %ChE Inhibition

Ctrl 0
0.69 + 0.096 46.34

4. Discussion

This study aims to characterize for the first time the ChE vs. ASCh activity in dif-
ferent tissues of Ciona and investigate the in vitro sensitivity towards BPA and PS NPs
alone and in combination. ChE vs. ASCh activities were mainly identified in viscera and
siphons, while the tunic exhibited bare activity close to the detection limit. The almost
complete inhibition of ChE vs. ASCh activity upon incubation with the selective AChE
inhibitor (BW284C51) revealed the presence of true-AChE activity in both viscera and
siphons of adults of Ciona. Our findings are consistent with the knowledge that AChE in
ascidians has a pivotal role in neuromuscular synapses but is also found on the external
surfaces of cells and in various cytoplasmic regions [30]. At the embryonic stages, AChE
is involved in labeling embryonic muscle cells [31] and larval adhesive papillae, playing
a crucial role in the development of various tissues, while in adults its main role is in
regulating muscle and ciliary activities [30,32]. The study by Arkett et al. [32] indicated
that ChE activity in the adult and juvenile stages of ascidians is primarily situated in the
innervation of the branchial basket and is not restricted to synaptic sites but is distributed
throughout the neurons. Recently, AChE histochemical reactions, on fresh preparations
of adult pharyngeal gills of Ciona, revealed strong signals on the laterodistal ciliated cells
of stigmata, referred to as trapezial cells. The direct administration of ACh and other
agonists of nicotinic ACh receptors (nAChRs) onto ciliated cells reliably evoked ciliary
arrest that persisted for seconds in a dose-dependent manner. Furthermore, the authors
provided evidence to show that a nicotinic ACh receptor, A7/8-1 nAChR, expressed in
Ciona stigmata, mediates neuro-ciliary transmission to elicit ciliary arrest [33]. This is
consistent with our findings, showing AChE activity in the viscera including the large
branchial sac. Furthermore, Zaniolo et al. [34] confirmed the presence of numerous free
nerve endings in the oral siphon tentacles, while describing the development of the nervous
system in ascidians. Moreover, the study reported no innervation running through the
tunic, supporting our findings, as no activity was detected in the tunic extracts. ChE vs.
ASCh activities increased proportionally with the amount of siphon extracts while keeping
constant substrate molarity (0.24 mM). In contrast, tunic extracts showed a certain variabil-
ity, with a significant increase of ChE vs. ASCh activities from 40 to 80 µL (11.6 ± 2.2) but a
decrease at 100 µL (0.18 ± 0.6). This variability makes uncertain the hydrolysis of ChE vs.
ASCh in the tunic extracts played by the only AChE enzyme (Table 3). More recently, the
entire neural network of Ciona has been visualized in adult transgenic animals harboring a
reporter gene construct driven by the pan-neuronal PC2 promoter [35]. The data clearly
showed that eight main anterior nerves and ten main posterior nerves, leading from the
cerebral ganglion, head toward the oral siphon and atrial siphon, and periphery branch
into thin nerves that reach the edge of the siphon lobes. Thus, the innervation surrounding
the siphons is complex; however, as the authors point out, further studies will allow us to
identify the neuropeptides and neurotransmitters that are likely to regulate the functions of
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these nerves. Our findings further support such hypotheses, as indicated by lower choliner-
gic activity in the siphons compared to the viscera, suggesting variations in neural activity
based on anatomical regions and peptidergic regulatory networks. BPA was revealed to
be a concentration-dependent inhibitor of ChE vs. ASCh activity in Ciona viscera and
in a concentration-dependent manner. At environmentally realistic concentrations, BPA
has already been reported to affect the embryo development of aquatic species, including
invertebrates [7,19,36]. Regarding ascidians, BPA is probably the individual chemical that
has been most addressed in emerging contaminants’ ecotoxicological studies. Messinetti
et al. [18] reported that larvae of Ciona and Phallusia mammillata exposed to BPA, showed
short and kinked tails, impaired neural development and malformations of pigmented
organs (otolith and ocellus). Moreover, Gomes et al. [19] reported that micromolar doses of
BPA inhibited otolith movement within the sensory vesicle and that BPA may target ERRs
(Estrogen-Related Receptors) during otolith movement in P. mammillata. Together, these
observations suggest that BPA may affect ascidian otolith differentiation by altering ERR
activity, whereas otolith pigmentation defects might be due to the known inhibitory effect
of bisphenols on tyrosinase enzymatic activity. Similarly, BPA can cause decreased pigmen-
tation in zebrafish embryos (5.0 mgL−1) by downregulating the melanin synthases and
reducing the melanin content. The role of BPA as a ligand of the zebrafish tyrosinase (Tyr)
family of proteins has been hypothesized, thus causing skin pigmentation interference [20].
These studies align with our previous findings, confirm that one of the most reproducible
phenotypes of BPA in ascidian larvae is the disruption of the pigmented cells [21]. The
results presented here reveal that BPA can affect not only the most vulnerable stages of
Ciona, such as embryo or larvae, but also the neurotransmission system of the adult stage,
impairing cholinergic activity. These findings are consistent with those obtained recently
on zebrafish and mussels; zebrafish exposed to BPA for 96 h at environmentally relevant
concentrations (220, 1180, and 1500 ng/L) showed an increased production of reactive
oxygen species (ROS) and a significant reduction in AChE activity [11]. Chronic exposure
to BPA (0.25, 1, 2, and 5 µg/L, 28d) caused concentration-dependent inhibition of AChE
in the date mussel, Lithophaga lithophaga [37]. One can envisage that in Ciona, as in the
other species examined so far, AChE inhibition may cause the persistence of neurotrans-
mitters in the neuronal cleft, which in turn can induce an altered pathway of branchial
sac contraction in response to different stimuli, thus influencing an organism’s behavior.
From this perspective, further studies are fundamental to link the disruption/inhibition
of ChE vs. ASCh activity caused by BPA to predict behavioral endpoints. We found that
BPA inhibits ChE and ASCh activity in the V, T, and S, while PS NPs had no effect on ChE
enzyme activity alone or in combination with BPA. This is consistent with previous studies
on Ciona larvae, in which no effect of amino-modified PS NPs (PS-NH2) was observed upon
in vivo exposure up to µg/mL (22 h post-fertilization) [27]. Co-exposure to PS NPs and
BPA resulted in a 50% inhibition of ChE activity compared to ASCh, consistent with the
effect of BPA alone (Table 2). DLS analysis of the ζ-potential showed no significant changes
between PS NPs alone in mQW and combined with BPA in the ChE reaction buffer after
15 min of incubation (Table 1), thus indicating no interaction between PS NPs and BPA
within this timeframe. The short incubation time (15 min) may not have allowed sufficient
interactions between BPA and the PS NPs to induce notable changes in surface charge.
Studies have shown that interaction time plays a key role in surface modifications, and
longer exposure periods could potentially lead to different outcomes [38]. Additionally,
the buffer’s composition itself can stabilize the NPs by creating an ionic environment that
shields surface interactions, explaining the lack of variation in the ζ-potential. The presence
of ions in the buffer can also enhance colloidal stability, reducing electrostatic interactions
between BPA and PS NPs. This was similarly observed in studies examining NPs’ interac-
tions in complex media, where surface charge often remains stable in short-term exposures
despite the presence of other compounds [38,39]. Therefore, it is plausible that under differ-
ent timeframes or conditions, BPA could influence PS NPs more significantly, warranting
further investigation. On the other hand, in vivo exposure studies, such as the one by Chen
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et al. [3], showed that combined exposure to PS NPs and BPA led to a significant uptake of
BPA in the head and viscera of zebrafish, along with significant inhibition of AChE activity.
Therefore, waterborne exposure lasting for 3 days is enough for BPA and PS NPs’ ability
to interact, leading to synergistic effects. However, such interaction could be strongly
abolished by the presence of seawater, as shown in our recent study in which the effects
on pigmentation in Ciona larvae were visually the same upon exposure to BPA alone or in
combination with PS NPs. This suggested that no interaction was taking place between BPA
and PS NPs in the seawater media, unlike in freshwater media where a carrier role of PS
NPs towards BPA has been hypothesized [3]. The absence of an interactive effect of PS NPs
towards BPA in seawater, compared to freshwater, was attributed to the high ionic strength
of seawater, which can trigger the sorption surface properties of PS NPs as confirmed by
the significant changes in the NPs’ surface charges shown by ζ-potential values. Thus, a
further important variable factor concerns the media used for the experiments [21,38].

5. Conclusions

To the best of our knowledge, our study provides the first evidence of ChE vs. ASCh
activities in the tissues (V, T, and S) of adults of Ciona. Sensitivity towards BPA was
confirmed as an inhibitor of ChE vs. ASCh activities, while no effects have been observed
for PS NPs alone or combined with BPA. Therefore, when combined as in a realistic
exposure scenario, BPA neurotoxicity is occurring regardless of the presence of PS NP.
The concentration-dependent inhibition of ChE vs. ASCh activity by BPA underscores
its potential neurotoxic effects on ascidians at the adult stage, as already observed at the
embryonic stage with depigmentation and abnormal development [21].

Overall, this study contributes to the understanding of BPA neurotoxicity in ascidian
by targeting ChE vs. ASCh activities in several organs and no further effects from the
synergistic exposure to nanoplastics is expected. Indeed, nanoplastic–molecule interactions
must be considered as case-by-case studies, as well as the need to perform in vivo studies
for setting more realistic scenarios in which interactions could occur at levels other than
the AChE binding site.
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Appendix A

Supplementary informations—Method used to calculate the number of PS NP per mL

Nanoparticle diameter (from TEM image) = 33 nm
Radius = 16.5 nm
Polystyrene density = 1.05 g/cm3

The surface area of a single particle: 4πr 2 → 4 × π × 16.52 = 3419.46 nm2

The volume of a single particle: 4/3πr3 → 4/3 × π × 16.53 = 18,816.56 nm3

Weight of a single particle (convert 18,816.56 nm3 to cm3):
Density*number of particles → 1.05 × 1.88 × 10−17 = 1.974 × 10−17 g
Number of particles/mL (convert particle concentration to g/mL and divide by the weight
of a single particle):
1 µg/mL → 1 × 10−6 g/mL → (1 × 10−6)/(1.974 × 10−17) = 0.506 × 1011 particles/mL
10 µg/mL → 1 × 10−5 g/mL → (1 × 10−5)/(1.974 × 10−17) = 0.506 × 1012 particles/mL
Calculation of number of particles in 160 µL used for the in vitro study:
1 µg/mL → 8.096 × 109 particles
10 µg/mL → 8.096 × 1010 particles

References
1. Barboza, L.G.A.; Lopes, C.; Oliveira, P.; Bessa, F.; Otero, V.; Henriques, B.; Raimundo, J.; Caetano, M.; Vale, C.; Guilhermino, L.

Microplastics in wild fish from North East Atlantic Ocean and its potential for causing neurotoxic effects, lipid oxidative damage,
and human health risks associated with ingestion exposure. Sci. Total Environ. 2020, 717, 134625. [CrossRef] [PubMed]

2. Solé, M.; Shaw, J.P.; Frickers, P.E.; Readman, J.W.; Hutchinson, T.H. Effects on feeding rate and biomarker responses of marine
mussels experimentally exposed to propranolol and acetaminophen. Effects on feeding rate and biomarker responses of marine
mussels experimentally exposed to propranolol and acetaminophen. Anal. Bioanal. Chem. 2010, 396, 649–656. [CrossRef]
[PubMed]

3. Chen, Q.; Yin, D.; Jia, Y.; Schiwy, S.; Legradi, J.; Yang, S.; Hollert, H. Enhanced uptake of BPA in the presence of nanoplastics can
lead to neurotoxic effects in adult zebrafish. Sci. Total Environ. 2017, 609, 1312–1321. [CrossRef] [PubMed]

4. Lionetto, M.G.; Caricato, R.; Calisi, A.; Schettino, T. Acetylcholinesterase inhibition as a relevant biomarker in environmental
biomonitoring: New insights and perspectives. Biomed. Res. Int. 2013, 2013, 321213. [CrossRef] [PubMed]

5. Fu, H.; Xia, Y.; Chen, Y.; Xu, T.; Xu, L.; Guo, Z.; Xu, H.; Xie, H.Q.; Zhao, B. Acetylcholinesterase is a potential biomarker for a
broad spectrum of organic environmental pollutants. Environ. Sci. Technol. 2018, 52, 8065–8074. [CrossRef] [PubMed]

6. National Center for Biotechnology Information. PubChem Compound Summary for CID 6623, Bisphenol A. 2024. Available
online: https://pubchem.ncbi.nlm.nih.gov/compound/Bisphenol-A (accessed on 2 October 2024).

7. Wu, N.C.; Seebacher, F. Effect of the plastic pollutant bisphenol A on the biology of aquatic organisms: A meta-analysis. Glob.
Chang. Biol. 2020, 26, 3821–3833. [CrossRef]

8. Flint, S.; Markle, T.; Thompson, S.; Wallace, E. Bisphenol A exposure, effects, and policy: A wildlife perspective. J. Environ. Manag.
2012, 104, 19–34. [CrossRef]

9. Lin, Z.; Wang, L.; Jia, Y.; Zhang, Y.; Dong, Q.; Huang, C. A study on environmental bisphenol A pollution in plastics industry
areas. Water Air Soil Pollut. 2017, 228, 98. [CrossRef]

10. Ozhan, K.; Kocaman, E. Temporal and spatial distributions of bisphenol A in marine and freshwaters in Turkey. Arch. Environ.
Contam. Toxicol. 2019, 76, 246–254. [CrossRef]

11. Heredia-García, G.; Elizalde-Velázquez, G.A.; Gómez-Oliván, L.M.; Islas-Flores, H.; García-Medina, S.; Galar-Martínez, M.;
Dublán-García, O. Realistic concentrations of Bisphenol-A trigger a neurotoxic response in the brain of zebrafish: Oxidative
stress, behavioral impairment, acetylcholinesterase inhibition, and gene expression disruption. Chemosphere 2023, 330, 138729.
[CrossRef]

12. Llorca, M.; Vega-Herrera, A.; Schirinzi, G.; Savva, K.; Abad, E.; Farré, M. Screening of suspected micro(nano)plastics in the Ebro
Delta (Mediterranean Sea). J. Hazard. Mater. 2021, 404, 124022. [CrossRef] [PubMed]

13. Bhagat, J.; Nishimura, N.; Shimada, Y. Toxicological interactions of microplastics/nanoplastics and environmental contaminants:
Current knowledge and future perspectives. J. Hazard. Mater. 2021, 405, 123913. [CrossRef] [PubMed]

14. Corsi, I.; Bellingeri, A.; Bergami, E. Progress in selecting marine bioindicators for nanoplastics ecological risk assessment. Ecol.
Indic. 2023, 154, 110836. [CrossRef]

15. Hermabessiere, L.; Dehaut, A.; Paul-Pont, I.; Lacroix, C.; Jezequel, R.; Soudant, P.; Duflos, G. Occurrence and effects of plastic
additives on marine environments and organisms: A review. Chemosphere 2017, 182, 781–793. [CrossRef] [PubMed]

16. Gallo, F.; Fossi, C.; Weber, R.; Santillo, D.; Sousa, J.; Ingram, I.; Nadal, A.; Romano, D. Marine litter plastics and microplastics and
their toxic chemicals components: The need for urgent preventive measures. Environ. Sci. Eur. 2018, 30, 13. [CrossRef]

68



J. Xenobiot. 2024, 14

17. Fauser, P.; Vorkamp, K.; Strand, J. Residual additives in marine microplastics and their risk assessment—A critical review. Mar.
Pollut. Bull. 2022, 177, 113467. [CrossRef]

18. Messinetti, S.; Mercurio, S.; Pennati, R. Bisphenol A affects neural development of the ascidian Ciona robusta. J. Exp. Zool. Part A
Ecol. Integr. Physiol. 2019, 331, 5–16. [CrossRef]

19. Gomes, I.D.; Gazo, I.; Nabi, D.; Besnardeau, L.; Hebras, C.; Mcdougall, A.; Dumollard, R. Bisphenols disrupt differentiation of the
pigmented cells during larval brain formation in the ascidian. Aquat. Toxicol. 2019, 216, 105314. [CrossRef]

20. Mu, X.; Liu, J.; Yuan, L.; Huang, Y.; Qian, L.; Wang, C. The pigmentation interference of bisphenol F and bisphenol A. Environ.
Pollut. 2020, 266, 115139. [CrossRef]

21. Ferrari, E.; Eliso, M.C.; Bellingeri, A.; Corsi, I.; Spagnuolo, A. Short-Term Exposure to Nanoplastics Does Not Affect Bisphenol A
Embryotoxicity to Marine Ascidian Ciona robusta. Biomolecules 2022, 12, 1661. [CrossRef]

22. Delsuc, F.; Brinkmann, H.; Chourrout, D.; Philippe, H. Tunicates and not cephalochordates are the closest living relatives of
vertebrates. Nature 2006, 439, 965–968. [CrossRef] [PubMed]

23. Vered, G.; Kaplan, A.; Avisar, D.; Shenkar, N. Using solitary ascidians to assess microplastic and phthalate plasticizers pollution
among marine biota: A case study of the Eastern Mediterranean and Red Sea. Mar. Pollut. Bull. 2019, 138, 618–625. [CrossRef]
[PubMed]

24. Tzafriri-Milo, R.; Benaltabet, T.; Torfstein, A.; Shenkar, N. The Potential Use of Invasive Ascidians for Biomonitoring Heavy Metal
Pollution. Front. Mar. Sci. 2019, 6, 611. [CrossRef]

25. Eliso, M.C.; Bergami, E.; Manfra, L.; Spagnuolo, A.; Corsi, I. Toxicity of nanoplastics during the embryogenesis of the ascidian
Ciona robusta (Phylum Chordata). Nanotoxicology 2020, 14, 1415–1431. [CrossRef] [PubMed]

26. Cangialosi, M.V.; Puccia, E.; Mazzola, A.; Mansueto, V.; Arukwe, A. Screening of ovarian steroidogenic pathway in Ciona
intestinalis and its modulation after tributyltin exposure. Toxicol. Appl. Pharmacol. 2010, 245, 124–133. [CrossRef]

27. Mansueto, V.; Cangialosi, M.V.; Arukwe, A. Acetylcholinesterase activity in juvenile Ciona intestinalis (Ascidiacea, Urochordata)
after exposure to tributyltin. Caryologia 2012, 65, 18–26. [CrossRef]

28. Ellman, G.L.; Courtney, K.D.; Andres Jr, V.; Featherstone, R.M. A new and rapid colorimetric determination of acetylcholinesterase
activity. Biochem. Pharmacol. 1961, 7, 88–95. [CrossRef]

29. Bradford, M.M. A rapid and sensitive method for the quantitation of microgram quantities of protein utilizing the principle of
protein-dye binding. Anal. Biochem. 1976, 72, 248–254. [CrossRef]

30. Burighel, P.; Sorrentino, M.; Zaniolo, G.; Thorndyke, M.C.; Manni, L. The peripheral nervous system of an ascidian, Botryllus
schlosseri, as revealed by cholinesterase activity. Invertebr. Biol. 2001, 120, 185–198. [CrossRef]

31. Whittaker, J.R. Acetylcholinesterase development in extra cells caused by changing the distribution of myoplasm in ascidian
embryos. J. Embryol. Exp. Morphol. 1980, 55, 343–354. [CrossRef] [PubMed]

32. Arkett, S.A.; Mackie, G.O.; Singla, C.L. Neuronal organization of the ascidian (Urochordata) branchial basket revealed by
cholinesterase activity. Cell Tissue Res. 1989, 257, 285–294. [CrossRef]

33. Jokura, K.; Nishino, J.M.; Ogasawara, M.; Nishino, A. An α7-related nicotinic acetylcholine receptor mediates the ciliary arrest
response in pharyngeal gill slits of Ciona. J. Exp. Biol. 2020, 223, jeb209320. [CrossRef] [PubMed]

34. Zaniolo, G.; Lane, N.J.; Burighel, P.; Tiozzo, S. Development and distribution of acetylcholinesterase in the nervous system of a
colonial ascidian during blastogenesis. J. Comp. Neurol. 2002, 121, 189–201. [CrossRef]

35. Osugi, T.; Sasakura, Y.; Satake, H. The nervous system of the adult ascidian Ciona intestinalis Type A (Ciona robusta): Insights from
transgenic animal models. PLoS ONE 2017, 12, e0180227. [CrossRef] [PubMed]

36. Canesi, L.; Fabbri, E. Environmental effects of BPA: Focus on aquatic species. Dose-Response 2015, 13, 1559325815598304. [CrossRef]
37. Abd Elkader, H.-T.A.E.; Al-Shami, A.S. Chronic exposure to bisphenol A induces behavioural, neurochemical, histological, and

ultrastructural alterations in the ganglia tissue of the date mussels Lithophaga lithophaga. Environ. Sci. Pollut. Res. 2023, 30,
109041–109062. [CrossRef]

38. Li, W.; Zu, B.; Yang, Q.; An, J.; Li, J. Nanoplastic adsorption characteristics of bisphenol A: The roles of pH, metal ions, and
suspended sediments. Mar. Pollut. Bull. 2022, 178, 113602. [CrossRef]

39. Cortés-Arriagada, D. Elucidating the co-transport of bisphenol A with polyethylene terephthalate (PET) nanoplastics: A theoretical
study of the adsorption mechanism. Environ. Pollut. 2021, 270, 116192. [CrossRef]

40. Jeffery, W.R. The tunicate Ciona: A model system for understanding the relationship between regeneration and aging. Invertebr.
Reprod. Dev. 2015, 59 (Suppl. S1), 17–22. [CrossRef]

Disclaimer/Publisher’s Note: The statements, opinions and data contained in all publications are solely those of the individual
author(s) and contributor(s) and not of MDPI and/or the editor(s). MDPI and/or the editor(s) disclaim responsibility for any injury to
people or property resulting from any ideas, methods, instructions or products referred to in the content.

69



Article

Oxidative Stress in Mussel Mytilus trossulus Induced by
Different-Sized Plastics
Nadezhda Vladimirovna Dovzhenko , Valentina Vladimirovna Slobodskova , Andrey Alexandrovich Mazur *,
Sergey Petrovich Kukla, Aleksandra Anatolyevna Istomina , Victor Pavlovich Chelomin
and Dmitriy Denisovich Beskhmelnov

Il’ichev Pacific Oceanological Institute, Far Eastern Branch, Russian Academy of Sciences,
690041 Vladivostok, Russia
* Correspondence: mazur.aa@poi.dvo.ru

Abstract: Polyethylene and polystyrene are massively used around the world in various applications
and are the most abundant plastic waste. Once in the marine environment, under the influence of
physical and chemical factors, plastic products degrade, changing from the size category of macroplas-
tics to microplastics. In order to study the effect of plastic on marine organisms, we modeled the
conditions of environmental pollution with different-sized plastic—polystyrene microparticles of
0.9 µm and macro-sized polyethylene fragments of 10 cm—and compared their effect on biochemical
parameters in the tissues of the bivalve mollusk Mytilus trossulus. Using biomarkers, it was found that
regardless of the size and type of polymer, polystyrene microparticles and polyethylene macrofrag-
ments induced the development of oxidative stress in mussels. A significant decrease in the level of
lysosomal stability in mussel hemocytes was observed. Increases in the level of DNA damage and
the concentration of malonic dialdehyde in the cells of gills and the digestive gland were also shown.
The level of total antiradical activity in cells varied and had a tissue-specific character. It was shown
that both ingested polystyrene particles and leachable chemical compounds from polyethylene are
toxic for mussels.

Keywords: polyethylene; polystyrene; lysosome membrane stability; DNA damage; ecotoxicology;
antiradical activity

1. Introduction

Plastic fragments and microparticles account for about 60–90% of ocean debris on the
planet, significantly affecting the quality of the aquatic environment and the hydrobionts
that inhabit it, and plastic entering the environment is becoming an integral component
of global pollution [1,2]. Due to ocean currents, plastics have spread to all regions of the
world’s oceans, forming large-scale debris accumulations and migrating at the surface and
in the water column [2]. Another problem of plastic debris in the marine environment is
its constant defragmentation. Under the influence of ultraviolet light, friction, and other
physical and chemical factors, plastic products break down into smaller fragments, resulting
in the formation of micro- and nanoparticles [3]. To date, the level of microparticles in water
in littoral zones and open sea waters of different regions of the world ranges from 0.001 to
140 particles/m3, and in bottom sediments, from 0.2 to 8766 particles/m3 [4]. Therefore,
addressing the problem of plastic pollution due to its ubiquity in the ocean is considered
one of the most important challenges today [5,6].

In the presence of plastic waste, aquatic organisms are negatively exposed both physi-
cally and chemically. Fragments of plastic objects can damage the cover of hydrobionts, be
mistaken for food, and mechanically restrict movements [4]. By penetrating into marine
organisms, plastic can damage the mucous membranes of organs and tissues, as well as
accumulate in the gastrointestinal tract. This can result in serious damage to biochemical
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and physiological processes [7–10]. The presence of plastic in the environment also poses a
threat of chemical exposure, as its production is based on mixing a base polymer with vari-
ous additive components that impart certain properties to the final plastic product in order
to reach performance standards [11]. According to various estimates, polymers include
from 300 to 400 constituent components, among which there are hazardous monomers, low-
molecular-weight oligomer fragments, synthetic stabilizers, catalysts, and various chemical
additives, most of which are not covalently bonded to the polymer, dyes containing metal
ions, plasticizers, phthalates, bisphenol-a, polychlorinated biphenyls, etc. [12,13]. Through
interaction with the environment, these additives can actively leach into the water and be-
come bioavailable to living organisms. Because of interaction with the environment, these
additives actively leached into the water. Through the toxic effects of leaching chemical
constituents into water, among which the most toxic are hydrophobic organic compounds
and metals, the bioavailability of plastic to living organisms is observed. Leached chemical
compounds trigger mechanisms of oxyradical generation in cells, leading to the develop-
ment of oxidative stress, DNA molecule damage, and irreversible pathological processes,
posing a life threat to aquatic organisms [14–16]. The degree of leaching of additives from
polymers and leachate composition is influenced by the properties of compounds, the de-
gree of amorphous or crystalline structure of the polymer, and the persistence of chemical
bonds between additives and the polymer [17].

There are now several studies on the toxicity of individual additives migrating from
plastic materials into the water, causing acute toxicity in hydrobionts [16,18,19]. It has been
shown in different studies that marine organisms are prone to ingest plastic particles [20,21],
but very few studies have investigated the toxicity of polymers to hydrobionts surrounded
by plastic fragments not consumed by them [22].

In addition to releasing toxic substances into the environment, multi-sized plastics,
mainly micro- and nanoplastics, actively penetrate trophic chains since marine inhabitants
feeding on plastic particles mistake them for food objects [21,23]. Swallowed plastic
particles damage internal organs; have a negative impact on the nervous, reproductive,
and immune systems; and stop cell growth and reproduction by releasing chemicals inside
the body [24–26]. At the biochemical level, active generation of free radicals and changes
in metabolic processes are observed in cells. Thus, polymers pose a serious threat to
marine organisms, being a multiple stressor due to their negative properties. Various
studies at the molecular level have shown that plastics disrupt the redox balance in cells of
living organisms, described in the literature as oxidative stress [27–29]. Molecular markers
(biomarkers) of oxidative stress—the earliest indicators of environmental pollution—are
used to diagnose such changes at different stages. As a rule, the use of these markers in
ecotoxicological monitoring assumes a reliable correlation between the activity of metabolic
processes and the level of environmental pollution [13,29,30].

Fragments of products made from polyethylene and polystyrene are the most common
in plastic pollution both on land and in the ocean. These polymers are massively used
around the world in applications ranging from light industry to medicine [31,32]. Moreover,
the most commonly used items made from these types of plastic are disposable items [2,6].
In recent decades, the level of plastic waste pollution, dominated by polystyrene and
polyethylene, has been increasing in the coastal zones of the Asia–Pacific region due to
the increase in population density in the region and the associated increasing of economic
activity in the region [33,34]. In order to understand the effects of this pollution, it is
necessary to study the responses of hydrobionts to different types of plastics and their
additives that are leached into the marine environment.

Therefore, the aim of this study was to evaluate the effects of polyethylene macrofrag-
ments and polystyrene microparticles on the Pacific mussel Mytilus trossulus and to carry
out a comparative assessment of the toxicity of certain types of plastic on filter-feeding
mollusks. To evaluate the toxic effect of polymers on living organisms, markers of oxidative
stress were used: stability of lysosome membranes, DNA molecule damage, changes in the
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level of lipid peroxidation products, and integrated assessment of the level of antioxidant
system activity.

2. Materials and Methods
2.1. Site of Bivalves Collection

Adults M. trossulus of equal age and size (6.1 ± 0.9 cm) were collected in the marine
experimental station “Popov Island” of the Alekseev Bay in the Sea of Japan (42◦59′ N;
131◦43′ E). Mollusks were acclimated for 168 h in laboratory conditions in glass tanks in
natural seawater. The water temperature in the tanks was +16 ◦C and salinity was 32.6‰.
Water and air temperature were recorded every 12 h. During the period of acclimation and
experiment, the mollusks where not fed.

2.2. Description of the Experiments

Two experiments were carried out. Experiment 1 (with HDPE fragments) was con-
ducted for 72 h in two tanks—“control” (without exposure) and “experiment”. The volume
of water in each tank was 25 L. There was 0.5 L of water for each mollusk. HDPE fragments
were placed in the experimental tank with mussels. As HDPE fragments in the work, we
used the film (produced in Russia, State Standard for HDPE film (16338-85)). The area
of one fragment was 0.01 m2, the total area of fragments per experimental tank was 1 m2

(0.04 m2/L). The aeration of water in the tanks was carried out with the help of compressors,
which, at the same time, created intensive wave flows of water, contributing to the washing
out of intrinsic organic substances of the polyethylene film. During the experiment the
filtration system was switched off, the water in the tanks with HDPE fragments and control
did not change.

Experiment 2 (with polystyrene microspheres—µPS) lasted 72 h. Mussels were placed
in the “control” (without exposure) and “experimental” tanks, with the rate of 0.5 L of water
per one mussel. The volume of water in each tank was 25 L. The water and air temperature
during the experiment was stable (+16 ◦C). Water and air temperatures were recorded every
12 h. µPS solution was added to the experimental tank with mollusks at a concentration
of 105 pcs/L. A standard solution of µPS (Cat. №6-1-0090, Tianjin BaseLine ChromTech
Research Centre, China) was used to prepare a working solution of “microplastic”. The
diameter of the microspheres was 0.9 µm. Water aeration in the tanks was carried out
using compressors, which simultaneously created intense wave water flows, allowing the
microspheres to remain in the water column and not settle to the bottom of the tank, as
well as washing out their own persistent organic matter. Water changes in the control tank
and with µPS were performed every 24 h. During the experiment, the filtration system was
switched off; the water in the tanks with microspheres PS and control was not changed.

No mortality of M. trossulus was observed during both experiments. At the end of
the exposure time in both experiments, 20 M. trossulus individuals from the control and
experimental groups were used to determine the stability of the lysosomal membrane,
15 were used to determine % DNA damage, and 10 were used to prepare homogenates for
the determination of MDA content and an index of antiradical activity.

All procedures in the present work, as well as the mollusks disposal methods, were
approved by the Commission on Bioethics at the V.I. Il’ichev Pacific Oceanological Institute,
Far Eastern Branch of Russian Academy of Science (protocol №16 and date of approval
15 April 2021), Vladivostok, Russia.

2.3. Cytochemical Methods

The level of DNA damage was determined using the alkaline comet assay, which is
adapted to marine organisms [35]. Mollusks gills and the digestive gland were removed
and gently cut in isotonic solution; then, gel slides were prepared (an amount of 50 µL of
cell suspension was mixed with low gelling temperature agarose (100 µL), cell–agarose
suspension was stirred and transferred to a slide containing normal gelling temperature
agarose and covered with a coverslip), and the slide was then incubated in the lysis
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solution for 1 h in a light-protected place at 4 ◦C. After this, the slides were incubated
in electrophoresis buffer (pH > 13) for 40 min. This was followed by electrophoresis for
15 min. After neutralization, the slides were stained with SYBR Green. The DNA comets
were visualized and registered using a scanning fluorescence microscope (Carl Zeiss,
AxioImager A1) equipped with a digital camera AxioCam MRc. The mollusks in the control
and experimental groups were analyzed with 15 slides per group (1 slide = 1 mussel).
Each slide contained no less than 50 comets. The program Casp 1.2.2 software (CASPlab,
Wroclaw, Poland) was used to process digital images.

Lysosome membrane stability (LMS) in mollusk hemolymph was assessed using a
cytochemical method based on the capture of a dye by lysosomes, the retention time of
which shows the degree of damage to the membranes of the organelle [36]. Hemolymph
from the mollusk closure muscle was sampled using a 1 mL hypodermic syringe. A total of
0.1 mL of hemolymph was taken from each individual. The incubation time of samples
with the dye was 15 min. The stained samples were viewed under a microscope for 90 min
at 15 min intervals.

2.4. Biochemical Methods

For determination of integral antiradical activity (IAA) and malonic dialdehyde (MDA)
content, digestive gland and gill tissues were homogenized in chilled phosphate buffer
(+4 ◦C) at a ratio of 1:10 g/mL (0.1 M, pH 7.0). Homogenates were centrifuged at 10,000 rpm
for 40 min at +4 ◦C. Integral antiradical activity in tissue supernatant was determined
by a method based on the ability of the antioxidant system of cells to reduce the radical
cation ABTS+ [37]. Determination of the content of lipid peroxidation product-malonic
dialdehyde in cells was carried out according to the colorimetric method [38].

2.5. Statistical Analysis

Statistical processing of the obtained results was performed using statistical tools MS
Office Excel and Statistica 10 (StatSoft, Tulsa, OK, USA) program package: the arithmetic
mean and standard deviation were calculated. The assumptions of normality and homo-
geneity were assessed using the Levene and Shapiro–Wilk tests, respectively. Normality
was not observed, and nonparametric Mann–Whitney U-tests were performed. Differences
were considered statistically significant at p < 0.05.

3. Results

During short-term exposure of M. trossulus to polymers of different types and sizes,
we revealed visible changes in biochemical parameters in mollusk tissues, indicating the
development of oxidative stress and destructive processes in the cellular apparatus of the
cell. Exposure of mollusks to polyethylene resulted in a 2.7-fold decrease in lysosome
membrane stability (LMS) of hemocytes relative to the control. In the control group, the
ability of lysosome membrane to retain dye was 58 ± 4.91 min, and under PE exposure,
21.5 ± 6.5 min. In the presence of µPS in mollusk hemocytes, the NR dye retention time was
also found to decrease to 65 ± 4.24 min in comparison with the control (76.14 ± 3.05 min).
(Figure 1).

The results of the comet assay showed that the effects of both polyethylene and
polysterol caused a significant increase in the DNA damage in the gills and digestive
gland of M. trossulus. In the experiment on exposure to polyethylene, it was 3.4 ± 0.7 and
4.95 ± 0.68% of DNA in the tail, compared to 7.89 ± 1.01 and 8.23 ± 0.93 in the control
group for the gills and digestive gland, respectively. In the presence of µPS, these values
were 5.6 ± 0.36 and 3.29 ± 0.35 compared to 2.17 ± 032 and 1.43 ± 0.34% of DNA in the
tail for the gills and digestive gland, respectively (Figure 2).
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Figure 1. Changes in the lysosome membranes stability in M. trossulus hemolymph under the
influence of different types of plastic ((A) high-density polyethylene fragments; (B) polystyrene
microspheres) (mean ± standard deviation; n = 20). * Difference from control is significant at p < 0.05.
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Figure 2. Damage of DNA molecule in cells of gills and digestive gland of M. trossulus under the
influence of different types of plastic ((A) high-density polyethylene fragments; (B) polystyrene
microspheres) (mean ± standard deviation; n = 15). * Difference from control is significant at p < 0.05.

The presence of PE fragments and PS microparticles in mussel tanks caused the de-
velopment of lipid peroxidation processes, which led to a significant increase in MDA
concentration in gill and digestive gland cells. Under the influence of PE, the MDA
concentration in gills increased to 3.25 ± 0.05 mmol/g wet weight compared to the
control (2.39 ± 0.09 mmol/g wet weight). In the presence of µPS in water, MDA level
in gill cells also increased to 26.34 ± 2.22 mmol/g wet weight compared to control
19.2 ± 1.32 mmol/g wet weight. In digestive gland cells under PE exposure, MDA level
increased to 4.34 ± 0.09 mmol/g wet weight compared to control 3.5 ± 0.073 mmol/g
wet weight, with µPS increased to 47.01 ± 1.97 mmol/g wet weight against control
38.94 ± 1.69 mmol/g wet weight (Figure 3).

According to the results, the presence of plastic in tanks caused a tissue-specific
reaction of the antioxidant system of mollusks. Under exposure to polyethylene and
µPS, the level of integrated antiradical activity (IAA) in the gills of mollusks did not
change significantly and was 11.11 ± 0.65 nmol/g wet weight 2.9 ± 0.09 nmol/g wet
weight for polyethylene and µPS fragments and at control values of 15.76 ± 0.91 nmol/g
wet weight and 3.34 ± 1.05 nmol/g wet weight, respectively, while in digestive gland
cells, there was a significant decrease in IAA under the influence of µPS from control
values of 22.87 ± 1.24 nmol/g wet weight to 19.55 ± 0.2 nmol/g wet weight. However,
the effect of polyethylene caused an increase in the IAA level in digestive gland cells
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to 80.61 ± 1.22 nmol/g wet weight compared to control 61.13 ± 1.9 nmol/g wet weight
(Figure 4).
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Figure 3. Changes in malonic dialdehyde content in cells of gills and digestive gland of M. trossu-
lus under the influence of different types of plastic ((A) high-density polyethylene fragments;
(B) polystyrene microspheres) (mean ± standard deviation; n = 10). * Difference from control
is significant at p < 0.05.

J. Xenobiot. 2024, 14, FOR PEER REVIEW 6 
 

 

 
Figure 3. Changes in malonic dialdehyde content in cells of gills and digestive gland of M. trossulus 
under the influence of different types of plastic ((A) high-density polyethylene fragments; (B) polysty-
rene microspheres) (mean ± standard deviation; n = 10). * Difference from control is significant at p < 
0.05. 

According to the results, the presence of plastic in tanks caused a tissue-specific reac-
tion of the antioxidant system of mollusks. Under exposure to polyethylene and µPS, the 
level of integrated antiradical activity (IAA) in the gills of mollusks did not change signifi-
cantly and was 11.11 ± 0.65 nmol/g wet weight 2.9 ± 0.09 nmol/g wet weight for polyethylene 
and µPS fragments and at control values of 15.76 ± 0.91 nmol/g wet weight and 3.34 ± 1.05 
nmol/g wet weight, respectively, while in digestive gland cells, there was a significant de-
crease in IAA under the influence of µPS from control values of 22.87 ± 1.24 nmol/g wet 
weight to 19.55 ± 0.2 nmol/g wet weight. However, the effect of polyethylene caused an in-
crease in the IAA level in digestive gland cells to 80.61 ± 1.22 nmol/g wet weight compared 
to control 61.13 ± 1.9 nmol/g wet weight (Figure 4). 

 
Figure 4. Changes in integral antiradical activity in cells of gills and digestive gland of M. trossulus 
under the influence of different types of plastic ((A) high-density polyethylene fragments; (B) polysty-
rene microspheres) (mean ± standard deviation; n = 10) * Difference from control is significant at p < 
0.05. 

  

0

1

2

3

4

5

gills digastive gland
nm

ol
e 

/ g
 w

et
 w

ei
gh

t

A

control HDPE

*

*

0

10

20

30

40

50

gills digastive gland

B

control µPS

*

*

Figure 4. Changes in integral antiradical activity in cells of gills and digestive gland of M. trossu-
lus under the influence of different types of plastic ((A) high-density polyethylene fragments;
(B) polystyrene microspheres) (mean ± standard deviation; n = 10) * Difference from control is
significant at p < 0.05.

4. Discussion

In this work, a short-term experimental model of 72 h was used, assuming that under
these conditions, the time would be sufficient to leach some concentration of chemical
additives in PE and PS [13,39–41]. Despite the short time period, the results obtained
revealed significant changes in biochemical parameters in mussel tissues.

In Experiment 1, the mussels had no direct contact with HDPE. All polymer fragments
were on the surface and in the water column, while the mollusks were distributed on the
bottom of the aquarium and attached to it by byssus threads. In earlier studies on Daphnia
magna, it was shown that the leaching of additives from polymers, particularly HDPE,
occurs in a very short time (48 h) [12,42]. At the outcome of our short-term experiment
(72 h), biomarkers indicated the toxic effects of the leached substances from HDPE and
the active development of oxidative stress in mollusk tissues, which was indicated by an
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increase in MDA content and a differential antioxidant system response (IAA) in mollusk
tissues. The results of our studies also showed the bioavailability and toxicity of short-
term effects of leachable substances from HDPE fragments on the lysosomal apparatus
of mussels; in the hemolymph of experimental mollusks, the LMS decreased two-fold.
Some authors have shown that a complex mixture of additives is leached from polymers
into water, accumulates in the organism, and causes various processes such as lysosomal
disorders, DNA molecule destruction, and, as a consequence, the development of oxidative
stress [11,43–45]. In addition, studies have clearly demonstrated that the greatest toxic effect
on Mytilus galloprovincialis mollusks is exerted by leached hydrophobic organic compounds,
which activate the process of generating reactive oxygen species [45].

Microplastic particles also release endogenous substances both into the water and
within the living organism. Therefore, in this case, the toxic effect of microplastics would
be achieved by both mechanical and chemical damage. In the experiment with polystyrene,
microparticles actively interacted with mussels by penetrating inside the mollusk with
water. In our work, we used PS microspheres with a diameter of 0.9 µm, considering that
particles of this size would be absorbed by mussels on par with their usual food. In bivalves,
microplastic penetration has several possible pathways. Microplastics, in interaction with
the gills surface, can be deposited on the gill mucus and gill epithelium or enter the mouth
and then the digestive system of mollusks. But not every particle captured by the gills
is ingested, as the mussels’ selectivity allows them to sort out inedible or large particles
like pseudofeces. However, particles that are smaller in size than their normal food are
freely ingested and more easily digested by the mollusks [39,46]. Early studies have already
shown the ability of mussels to absorb polystyrene microspheres ranging in size from 3 to
10 µm and transport them into the circulatory system [13,47]. Penetration of microplastics
of different sizes into organs and tissues of mollusks favors their active accumulation in
the gut. Microspheres of different polymers, ranging in size from 0.1 to 90 µm, have been
shown to concentrate within hours in the digestive organs and other tissues of Mytilus
sp. and to remain there for a long time [39]. Larger particles (>20 µm) are removed from
the body first, whereas smaller particles are still present in the gut and hemolymph after
their three-day purification and can migrate into the bloodstream, persisting there for up to
48 days [39,48]. Subsequent uptake of the polymeric microspheres by the surface of the
gastrointestinal tract occurs by endocytosis and by granulocytes. Then, the microspheres
are transported to lysosomes, hemolymph, and other organs [39,40,49,50]. This indicates
the direct contact of polymer microparticles with cell organelles.

According to these studies, the 0.9 µm µPS used in our work could actively settle
on the gills, penetrate the digestive tract, and hemolymph, affecting each tissue directly.
Intensive accumulation of lipid oxidation products and decreased antioxidant activity in
the cells of the organs studied also indicated the toxic effect of µPS and the development of
oxidative stress in the mollusk organism. It was shown that even short-term exposures of
polymers’ microparticles to the hydrobionts organs and tissues cells resulted in the formation
of oxyradicals and stress proteins, changes in the activity of anti-radical enzymes and the anti-
radical system, the accumulation of lipid oxidation products, the destabilization of lysosome
membranes, DNA molecule damage, and histological changes and inflammatory reactions
with the formation of granulocytes [13,41,51]. At the cellular level, this is shown by the
disruption of the DNA molecule structure, the destabilization of lysosomal membranes, and
lysosomal compartmentalization, with the effects increasing with chronic exposure [27,47,52].
In mussel gill and digestive gland cells exposed to µPS, we observed the highest rates of DNA
damage compared to exposure to HDPE fragments. Comet assay and LMS determination
allowed us to efficiently assess short-term exposure to microplastics, and this proved to be one
of the sensitive methods in our experiment. Compared to HDPE fragments, the bioavailability
of which is related only to washed out additives, µPS possess several mechanisms of effect on
the organism that act at once—the release of their own toxic compounds, mechanical damage
during their penetration into mollusk organs and tissues, and the generation of oxyradicals.
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5. Conclusions

Despite the toxicity of both types of polymers, the bioavailability of microplastics
to filter-feeding mollusks is higher and more dangerous compared to mesoplastics. The
investigated polymers cause a serious threat to the biological system of filter feeding
mollusks, irrespective of size and species. The toxic effects of polymers are shown at the
genetic and biochemical level; therefore, analyzing the effects of different types of plastics
from macro- to micro-size is important in environmental and organismal risk assessment.
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Abstract: Perfluorooctane sulfonate (PFOS) and perfluorooctanoic acid (PFOA) are persistent envi-
ronmental pollutants, raising concerns due to their widespread presence and disruptive biological
effects. These compounds are highly stable, allowing them to bioaccumulate in the environment and
living organisms, potentially impacting critical physiological functions such as hormonal balance,
immune response, and increasing cancer risk. Despite regulatory restrictions, their pervasive nature
necessitates further research into their potential effects on cellular and neuronal function. This
study first evaluated the cytotoxic effects of PFOS and PFOA on S1 neuroblastoma cells; a dose-
dependent reduction in cell viability was revealed for PFOS, while PFOA exhibited minimal toxicity
until millimolar concentrations. We further investigated their potential to modulate GABAergic
neurotransmission using patch-clamp electrophysiology. Both PFOS and PFOA caused a significant
but reversible reduction in GABA receptor-mediated currents following one-minute pre-treatment.
These findings suggest that PFOS and PFOA can interfere with both cellular viability and GABAergic
signaling, providing critical insights into their functional impacts and highlighting the need for
further investigation into the long-term consequences of PFAS exposure on nervous system health.

Keywords: electrophysiology; GABAergic signaling; neurotoxicity; PFAS; persistence; toxicology

1. Introduction

Perfluorooctane sulfonate (PFOS) and perfluorooctanoate (PFOA) are notorious envi-
ronmental contaminants that fall under the extensive category of per- and polyfluoroalkyl
substances (PFAS). Renowned for their multiple industrial applications such as aqueous
film forming foams (AFFFs), fluoropolymer resins, water- and stain-resistant additives,
these chemicals have sparked growing alarm due to their extraordinary persistence in the
environment, their ability to bioaccumulate in living organisms, and their potential for long
term toxicity including cancer [1]. Of particular concern is the impact of PFOS and PFOA
on the nervous system, which is especially susceptible to damage. These compounds can
penetrate the blood–brain barrier [2] and accumulate within the brain, in which emerging
research indicates they may interfere with normal neuronal function and contribute to
neurotoxicity [3]. Although regulatory measures have phased out the production of PFOS
and PFOA in many regions, these legacy PFAS compounds remain highly relevant due
to their environmental persistence and bioaccumulation potential. While next-generation
PFAS compounds are under investigation, these legacy compounds continue to serve as es-
sential models for understanding the persistent impacts of PFAS on human health. Studies
across various species, including humans, fish, and polar bears, have documented PFAS
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accumulation in specific brain regions. Recent findings suggest that PFAS, particularly
PFOS, concentrate disproportionately in protein-rich regions of the brain, such as the hy-
pothalamus [4], which is critical for neuroendocrine regulation. This selective accumulation
implies that even low environmental exposures may lead to significant buildup in key
neuroendocrine centers, potentially disrupting GABAergic signaling and other essential
physiological processes.

Furthermore, recent studies have detected relatively high concentrations of PFOA
and total PFAS in the brains of potentially exposed individuals [5], indicating that chronic,
low-dose environmental exposures can result in meaningful accumulation over time. Given
this context, our study used controlled, elevated doses of PFAS to elucidate potential acute
effects on GABAergic signaling, providing a mechanistic foundation that could relate to
cumulative impacts in chronic exposure scenarios.

One crucial aspect of neuronal function involves gamma-aminobutyric acid (GABA)
receptors, which play a pivotal role in maintaining the excitatory–inhibitory balance in
the brain. GABA receptors, particularly the GABAA subtype, mediate inhibitory synap-
tic transmission and are essential for various neurological processes, including anxiety
modulation, muscle relaxation, and seizure prevention. Disruption of GABAA receptor-
mediated currents can, therefore, have profound implications for brain function and overall
health. GABAA receptors are crucial components of the nervous system, functioning as
ligand-gated chloride channels that play a key role in inhibitory neurotransmission. These
receptors are composed of five subunits arranged in a pentameric structure, with each
subunit drawn from a diverse set of possibilities. In humans, researchers have identified
19 distinct genes that encode the subunits of GABAA receptors. These include six α (1–6),
three β (1–3), three γ (1–3), three ρ (1–3), and one each for δ, ε, π, and θ subunits [6,7]. The
vast diversity observed in GABAA receptors stems from the multiple ways these subunits
can combine, which is further enhanced by the alternative splicing of several genes. This
alternative splicing process allows a single gene to produce multiple different subunit vari-
ants, thereby significantly expanding the potential combinations and functional diversity of
the receptors. This diversity is critical, as it enables GABAA receptors to fulfill a wide range
of functions in various regions of the brain and to modulate neuronal activity in response
to different physiological, and pharmacological stimuli [8–10]. The α1β2γ2 subtype is the
predominant form in the mammalian nervous system, representing a significant majority. It
is estimated that this specific configuration may constitute as much as 60% of all GABAA re-
ceptors [9], highlighting its crucial role in functioning and regulation of neural activity [11].
GABAA receptors are ligand-gated chloride channels, made by pentameric combination of
different subunits. GABAA receptor subunits share a common structure. Each mature sub-
unit consists of approximately 450 amino acid residues and includes several key regions: an
N-terminal region, a large hydrophilic extracellular domain (ECD), and four hydrophobic
transmembrane domains (TMD: TM1–TM4). The TM2 domain is thought to form the pore
of the chloride channel, while an intracellular domain (ICD) located between TM3 and TM4
serves as a critical site for protein interactions and post-translational modifications that
regulate receptor activity [12,13]. The neurotransmitter GABA, along with psychotropic
drugs like benzodiazepines (BZDs), binds to the N-terminal at the α–β and α–γ interfaces,
respectively. Additionally, neurosteroids and anesthetics such as barbiturates interact
within the TMD of the α and β subunits [14,15]. Several GABAergic insecticides, despite
their diverse chemical structures, act as noncompetitive antagonists by binding to the same
GABA receptor site located in the TM2 domain. Compounds such as β-endosulfan, lindane,
and fipronil, along with botanical agents like picrotoxinin, target the chloride channel pore
of the GABA receptor, blocking ion flow and leading to neural hyperexcitation, which is
critical for insecticidal action and human neurotoxicity [16].

This study aimed to investigate the impact of PFOS and PFOA on GABA receptor-
mediated currents in neuron-like neuroblastoma cells, providing insights into the neuro-
toxic mechanisms of these pollutants. For this purpose, we utilized the S1 neuroblastoma
cell line, a specialized derivative of the SK-N-BE(2) cell line, specifically developed to
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express functional GABAA receptors. Unlike standard SH-SY5Y cells, which do not exhibit
GABA-evoked responses [17], the S1 line is especially suited for examining PFAS effects
on GABAergic signaling, offering a controlled study model for preliminary toxicology
assessment [18]. This research directly reveals how legacy PFAS affect neuron-like cells,
representing a major advancement in our understanding. By examining the interactions
between PFOS, PFOA, and GABAA receptors, we seek to uncover how these interactions
may disrupt neuronal activity. This knowledge will help elucidate the broader health
implications of exposure to these widespread environmental contaminants. The study not
only deepens our understanding of PFAS-induced neurotoxicity but also highlights the
urgent need for stringent regulatory measures to limit exposure and protect public health.
The findings are expected to prompt policy changes and interventions aimed at reducing
the prevalence of these harmful substances, thereby safeguarding both human health and
environmental integrity.

2. Materials and Methods
2.1. Cell Culture

S1 neuroblastoma cells were maintained as reported in [18]. Briefly, cells were grown
in RPMI 1640 medium supplied with 10% FBS, 2 mM L-Glu, 100 µg/mL penicillin–
streptomycin, 200 µg/mL geneticin sulfate (G418), and kept at 37 ◦C in a 5% CO2 incubator.
All chemicals were purchased from Merck (Sigma-Aldrich, Milan, Italy).

2.2. Cytotoxicity Assay

Cells were seeded in 96 multiwell plates (Greiner) at a density of 5 × 103 cells per well
in complete medium as described in Section 2.1. Once settled, the medium was removed
and replaced with fresh medium containing varying concentrations of PFOA and PFOS
to assess their impact on cell viability. The plates were incubated for 72 h at 37 ◦C in a 5%
CO2 atmosphere to allow for cell adhesion, proliferation, and PFAS exposure. Following
this incubation, resazurin was added to each well at a concentration of 0.1 mg/mL. The
plates were further incubated for 2 h under the same conditions, after which fluorescence
was measured using a Tecan Infinite 200 Pro fluorimeter (Tecan Group Ltd., Männedorf,
Switzerland) (excitation 535 nm, emission 590 nm) to quantify the reduction of resazurin to
resorufin, indicating cell viability [19] For statistics, data were evaluated for normality and
homoscedasticity and analyzed using one-way analysis of variance (ANOVA), followed by
Holm–Sidak’s multiple comparisons test using GraphPad PrismTM 9 (GraphPad Software,
San Diego, CA, USA).

2.3. Electrophysiological Recordings

S1 neuroblastoma cells were plated in 3.5 cm Petri dishes and submerged in a bath
of extracellular solution containing the following (in mM): 140 NaCl, 5.4 KCl, 2 CaCl2,
1 MgCl2, 10 HEPES, and 10 glucose (pH adjusted to 7.4 with NaOH). Observations were
performed under an inverted microscope (IMT-2, Olympus Life Science, Milan, Italy) using
a 40× objective. Whole-cell patch-clamp recordings were conducted at room temperature
(22–25 ◦C) using an Axopatch 200A amplifier (Molecular Devices, San Jose, CA, USA).
Patch pipettes were fabricated from borosilicate glass capillaries (Hilgenberg, Malsfeld,
Germany), pulled using a vertical pipette puller (PIP6, HEKA, Lambrecht, Germany), and
filled with internal solution containing the following (in mM): 142 KCl, 2 MgCl2, 2 EGTA,
and 10 HEPES (pH adjusted to 7.3 with KOH). Final pipette resistance ranged from 3–5 MΩ.

After establishing a stable whole-cell configuration, cells were clamped at a hold-
ing potential (Vh) of −80 mV. Voltage-gated currents were elicited by applying voltage
pulses ranging from −100 mV to +100 mV in 20 mV increments, each lasting for 20 s.
GABA-evoked currents were activated by brief agonist application via a gravity-driven
perfusion system localized near the patched cell. Recordings were acquired using a cus-
tom program, GePulse (http://users.ge.ibf.cnr.it/pusch/programs-mik.htm) (accessed
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on 10 September 2024) on, and whole-cell currents were low-pass filtered at 2 kHz and
digitized at 20 kHz.

GABA stock solution (in distilled water), picrotoxin (PTX, in DMSO), and PFOS or
PFOA (in DMSO or isopropanol, respectively) were freshly prepared and added to the
saline solution, ensuring the final concentration of DMSO or isopropanol remained at
0.02% (v/v) prior to each experiment. This careful preparation maintained the integrity and
consistency of the experimental conditions. GABA, PTX, and PFAS were rapidly applied
to patched cells using the gravity-driven perfusion system, followed by a 1 min washout
period between applications to allow for receptor recovery and minimize desensitization
effects. To prevent cross-contamination, PFOS and PFOA were tested on different S1 cells
from separate Petri dishes.

Acquired data were analyzed offline using Clampfit 10.7 (Molecular Devices, USA) and
SigmaPlot (Systat Software Inc., San Jose, CA, USA). Data are expressed as mean ± standard
error, and statistical significance was determined using a paired t-test.

3. Results
3.1. Acute Toxicity of PFAS in S1 Cells

This study assessed the cytotoxic effects of PFOA and PFOS across a range of PFAS con-
centrations (Figure 1) in neuron-like S1 neuroblastoma cells. PFOA displayed a threshold
response, with minimal toxicity observed until millimolar concentrations. A stimulatory
effect was noted at 229 µM, followed by a sharp drop in viability only at 1.69 mM, sug-
gesting that acute toxicity for PFOA is virtually absent at lower doses. In contrast, PFOS
exhibited a dose-dependent cytotoxic response. A Weibull regression analysis for PFOS
indicated a significant reduction in cell viability across a broader concentration range, with
an estimated EC50 of 230.01 ± 26.31 µM, highlighting its higher acute toxicity compared
to PFOA.
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Figure 1. Cytotoxicity assessment using the Alamar Blue test on S1 neuroblastoma cells. (a) Dose-
dependent effects of PFOA on cell viability, expressed as a percentage relative to the control (CTR). 
(b) Dose-dependent effects of PFOS on cell viability, expressed as a percentage relative to the control 
(CTR). The upper line represents the outcome of the statistical test, where the control group (CTR) 
was compared to all treated samples, regardless of concentration level. Statistical significance is 
indicated as follows: ns, not significant (p > 0.05), ** p < 0.01, *** p < 0.001, **** p < 0.0001. (c) Weibull 

Figure 1. Cytotoxicity assessment using the Alamar Blue test on S1 neuroblastoma cells. (a) Dose-
dependent effects of PFOA on cell viability, expressed as a percentage relative to the control (CTR).
(b) Dose-dependent effects of PFOS on cell viability, expressed as a percentage relative to the control
(CTR). The upper line represents the outcome of the statistical test, where the control group (CTR)
was compared to all treated samples, regardless of concentration level. Statistical significance is
indicated as follows: ns, not significant (p > 0.05), ** p < 0.01, *** p < 0.001, **** p < 0.0001. (c) Weibull
dose-response curve for PFOS, showing the fit (solid black line) with an estimated EC50 of 230.01 µM.
The 95% confidence intervals (shaded gray area) are shown, along with the averaged data points
(black circles).

3.2. Electrophysiological Characterization of S1 Neuron-Like Neuroblastoma Cells

After verifying the effect of PFAS on the survival of neuron-like cells, we investigated
whether these substances could exert an effect on synaptic transmission on GABA receptors.
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First, to confirm the neuron-like differentiation of S1 neuroblastoma cells, we investi-
gated the presence of voltage-dependent currents. Voltage steps of 20 mV were applied
every 20 s, ranging from −100 mV to +100 mV, starting from a holding potential (Vh)
of −80 mV (Figure 2a, top). This protocol revealed both inward and outward currents
(Figure 2a, bottom) in all patched cells (330/330, 100%). The inward currents are indica-
tive of Na+-channel activity, demonstrating a typical voltage-dependent activation and
inactivation pattern (Figure 2b), while the outward currents suggest K+-channel activity,
characterized by a voltage-dependent activation that is sustained over the voltage steps
(Figure 2c).
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inactivation pattern (Figure 2b), while the outward currents suggest K+-channel activity, 
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(Figure 2c).

Figure 2. Voltage-activated currents in differentiated S1 neuroblastoma cells. (a) Representative 
current responses (bottom) evoked by the voltage protocol (illustrated in the top panel) applied to 
a patched S1 cell. (b) current–voltage (I–V) relationship of the inward currents (value taken at the 
peak value, •) recorded from the cell shown in A. (c) I–V relationship of the outward currents (at the 
steady-state level, ■) for the same cell.

Since an exhaustive characterization of voltage-gated currents in S1 cells has been 
provided by Gavazzo et al. [18], further investigation was not pursued. These findings 
confirm that S1 neuroblastoma cells have differentiated into an excitatory neuron-like 
phenotype.

To assess the presence of functional GABAergic receptors in S1 cells, rapid 
application of 100 µM GABA to patched cells, held at −80 mV, elicited an inward current 
carried by Cl− ions following the electrochemical gradient. The mean current amplitude 
was 249 ± 29.5 pA (ranging from 23 to 1314 pA), which aligns well with previous findings 
[18]. However, only 27% (89/330) of the cells responded to GABA, suggesting a significant 
reduction in the proportion of S1 cells expressing functional GABAA receptors. Despite 
this, in cells that did respond, the GABA-evoked current was reproducible and stable 
across multiple stimulations (Figure 3a). This indicates the reliability of GABA-induced 
responses in cells expressing functional GABAA receptors. Additionally, picrotoxin (PTX, 
100 µM), a known GABAA receptor antagonist, significantly and reversibly inhibited the 
GABA-evoked currents (control, 372 ± 139 pA; PTX, 28.17 ± 12.1 pA; recovery, 302.5 ± 

Figure 2. Voltage-activated currents in differentiated S1 neuroblastoma cells. (a) Representative
current responses (bottom) evoked by the voltage protocol (illustrated in the top panel) applied to
a patched S1 cell. (b) current–voltage (I–V) relationship of the inward currents (value taken at the
peak value, •) recorded from the cell shown in A. (c) I–V relationship of the outward currents (at the
steady-state level, ■) for the same cell.

Since an exhaustive characterization of voltage-gated currents in S1 cells has been pro-
vided by Gavazzo et al. [18], further investigation was not pursued. These findings confirm
that S1 neuroblastoma cells have differentiated into an excitatory neuron-like phenotype.

To assess the presence of functional GABAergic receptors in S1 cells, rapid application
of 100 µM GABA to patched cells, held at −80 mV, elicited an inward current carried
by Cl− ions following the electrochemical gradient. The mean current amplitude was
249 ± 29.5 pA (ranging from 23 to 1314 pA), which aligns well with previous findings [18].
However, only 27% (89/330) of the cells responded to GABA, suggesting a significant
reduction in the proportion of S1 cells expressing functional GABAA receptors. Despite this,
in cells that did respond, the GABA-evoked current was reproducible and stable across
multiple stimulations (Figure 3a). This indicates the reliability of GABA-induced responses
in cells expressing functional GABAA receptors. Additionally, picrotoxin (PTX, 100 µM),
a known GABAA receptor antagonist, significantly and reversibly inhibited the GABA-
evoked currents (control, 372 ± 139 pA; PTX, 28.17 ± 12.1 pA; recovery, 302.5 ± 78.36,
n = 6, Figure 3b), confirming that the observed inward currents were indeed mediated by
GABAA receptors, as previously reported [18].
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Cells

To determine whether the two PFAS compounds influence baseline current in neu-
ron-like cells, a localized application of sublethal PFOS or PFOA concentrations—10 µM—
was administered to patched S1 cells. The results showed that neither compound induced 
any detectable currents, nor were there any observable effects on the baseline current (data 
not shown), consistent with findings reported by Tukker et al. [20]. This lack of response 
strongly suggests that PFOS and PFOA, when applied alone at this concentration, do not 
have an immediate or direct impact on the baseline electrical activity of these cells.

In order to investigate if PFOS is able to modulate GABA-evoked currents, we co-
applied GABA with PFOS at 10 µM, a concentration previously shown to be effective in 
injected oocytes [20]. In GABA-responding S1 cell, brief co-application of PFOS showed 
no significant effect on GABA-evoked current (Figure 4a •). However, when S1 cell was 
pretreated with PFOS for 1 min, current amplitude was almost completely suppressed 
(Figure 4a ■). After a 1 min washout, the current recovered, indicating that PFOS block on 
GABA-dependent current is reversible. Similar results were observed in n = 5 cells. To 
reduce data variability due to scattering of GABA-evoked current amplitude, responses 
in the presence of PFOS were normalized to responses recorded without it (no treatment: 
0.88 ± 0.12; pre-treatment: 6.8 × 10−5 ± 5.12 × 10−5, see plot on Figure 4b).
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Figure 3. GABAA activated currents in differentiated S1 neuroblastoma cells. (a) Two successive
applications of 100 µM GABA, administered 1 min apart to a patched S1 cell, elicited stable and
repetitive inward current responses. (b) Bath application of PTX significantly and reversibly reduced
the GABA-evoked currents (* p < 0.05).

3.3. Effect of PFOS and PFOA on GABA-Evoked Currents in Neuron-Like S1 Neuroblastoma Cells

To determine whether the two PFAS compounds influence baseline current in neuron-
like cells, a localized application of sublethal PFOS or PFOA concentrations—10 µM—was
administered to patched S1 cells. The results showed that neither compound induced
any detectable currents, nor were there any observable effects on the baseline current
(data not shown), consistent with findings reported by Tukker et al. [20]. This lack of
response strongly suggests that PFOS and PFOA, when applied alone at this concentration,
do not have an immediate or direct impact on the baseline electrical activity of these cells.

In order to investigate if PFOS is able to modulate GABA-evoked currents, we co-
applied GABA with PFOS at 10 µM, a concentration previously shown to be effective in
injected oocytes [20]. In GABA-responding S1 cell, brief co-application of PFOS showed
no significant effect on GABA-evoked current (Figure 4a •). However, when S1 cell was
pretreated with PFOS for 1 min, current amplitude was almost completely suppressed
(Figure 4a ■). After a 1 min washout, the current recovered, indicating that PFOS block
on GABA-dependent current is reversible. Similar results were observed in n = 5 cells. To
reduce data variability due to scattering of GABA-evoked current amplitude, responses
in the presence of PFOS were normalized to responses recorded without it (no treatment:
0.88 ± 0.12; pre-treatment: 6.8 × 10−5 ± 5.12 × 10−5, see plot on Figure 4b).
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Figure 4. Effect of PFOS on GABA-activated currents in differentiated S1 neuroblastoma cells. (a) 
Representative effect of PFOS-modulation on GABA-current with (■) or without (●) PFOS-pretreat-
ment from the same patched cell. Reversible almost complete current reduction was observed when 
S1 cells were previously exposed to PFOS. (b) Effect of PFOS on normalized GABA-amplitude 
(mean ± SE, n = 5) showing significant inhibition (**** p < 0.0001) when cells were pre-treated with 
PFOS.

The same experimental protocol was applied to GABA-responsive cells to investigate 
the effects of PFOA. Like PFOS, PFOA reduced the GABA-evoked current amplitude only 
when S1 cells were pretreated (Figure 5a). Although the block of GABA-dependent cur-
rent was less pronounced (no treatment normalized current: 1.05 ± 0.23, n = 5; pre-treat-
ment: 0.6 ± 0.14, n = 6, Figure 5b), it was still significant, and reversible as seen for the 
PFOS.
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Figure 4. Effect of PFOS on GABA-activated currents in differentiated S1 neuroblastoma cells.
(a) Representative effect of PFOS-modulation on GABA-current with (■) or without (•) PFOS-
pretreatment from the same patched cell. Reversible almost complete current reduction was observed
when S1 cells were previously exposed to PFOS. (b) Effect of PFOS on normalized GABA-amplitude
(mean ± SE, n = 5) showing significant inhibition (**** p < 0.0001) when cells were pre-treated
with PFOS.

The same experimental protocol was applied to GABA-responsive cells to investigate
the effects of PFOA. Like PFOS, PFOA reduced the GABA-evoked current amplitude only
when S1 cells were pretreated (Figure 5a). Although the block of GABA-dependent current
was less pronounced (no treatment normalized current: 1.05 ± 0.23, n = 5; pre-treatment:
0.6 ± 0.14, n = 6, Figure 5b), it was still significant, and reversible as seen for the PFOS.
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Figure 5. Effect of PFOA on GABA-activated currents in differentiated S1 neuroblastoma cells. (a) 
Representative effect of PFOA-modulation on GABA-current with (■) or without (●) PFOA-pre-
treatment from the same patched cell. Reversible current reduction was observed when S1 cells were 
previously exposed to PFOA. (b) Effect of PFOA on normalized GABA-amplitude (mean ± SE) 
showing significant inhibition (* p < 0.05) when cells were pre-treated.

4. Discussion
The results of this study provide compelling evidence that both PFOS and PFOA sig-

nificantly alter GABAA receptor-mediated currents in neuron-like neuroblastoma S1 cells, 
revealing important insights into the neurotoxic mechanisms of these persistent pollu-
tants. The choice to utilize the S1 neuroblastoma cell line for this study is grounded in the 
principles of non-animal testing models, which align with the 3Rs framework (Replace-
ment, Reduction, and Refinement) aimed at minimizing reliance on animal experimenta-
tion. Neuroblastoma cells provide a relevant platform for studying the neurotoxic effects 
of PFAS compounds, as they retain key neuronal characteristics and exhibit similar phys-
iological responses to excitatory and inhibitory signaling. Moreover, traditional methods 
relying on animal testing are being replaced by 3R principle-based alternatives, empha-
sizing in vitro test methods that consider broader chemical–biological interactions. Recent 
advances, as discussed by Giusy del Giudice et al. [21], highlight the importance of lever-
aging multiple informational levels to strengthen the understanding of biological re-
sponses, ultimately enhancing the predictive capacity of in vitro methods. By utilizing the 
S1 neuroblastoma cell line, we can effectively explore the mechanisms of PFAS-induced 
neurotoxicity while adhering to ethical considerations and improving the reliability of our 
findings.

The reduction in GABA-evoked currents following pre-treatment with PFOS and 
PFOA highlights a potentially critical pathway by which these compounds exert their neu-
rotoxic effects, specifically through the modulation of inhibitory neurotransmission.

While the 10 µM concentration used in this study may appear elevated compared to 
typical environmental exposures, data from both community and occupational studies 
strongly support its relevance. Evidence suggests that PFAS accumulation in the brain 
could approach levels observed in our findings, especially under chronic environmental 
conditions. Recent analyses have reported average PFOA concentrations close to 160 ng/g 
in the hypothalamus of deceased individuals from areas near contamination sources, with 
variability indicating that brain levels may reach two to three times higher in certain indi-
viduals [5].

Remarkably, a nearly 1:1 brain-to-blood concentration ratio observed in some cases 
suggests a direct proportionality in PFAS retention between serum and brain tissue [4,5]. 
In communities near contamination sites, mean serum PFOA levels of approximately 1 

Figure 5. Effect of PFOA on GABA-activated currents in differentiated S1 neuroblastoma cells.
(a) Representative effect of PFOA-modulation on GABA-current with (■) or without (•) PFOA-
pretreatment from the same patched cell. Reversible current reduction was observed when S1 cells
were previously exposed to PFOA. (b) Effect of PFOA on normalized GABA-amplitude (mean ± SE)
showing significant inhibition (* p < 0.05) when cells were pre-treated.

4. Discussion

The results of this study provide compelling evidence that both PFOS and PFOA sig-
nificantly alter GABAA receptor-mediated currents in neuron-like neuroblastoma S1 cells,
revealing important insights into the neurotoxic mechanisms of these persistent pollutants.
The choice to utilize the S1 neuroblastoma cell line for this study is grounded in the prin-
ciples of non-animal testing models, which align with the 3Rs framework (Replacement,
Reduction, and Refinement) aimed at minimizing reliance on animal experimentation. Neu-
roblastoma cells provide a relevant platform for studying the neurotoxic effects of PFAS
compounds, as they retain key neuronal characteristics and exhibit similar physiological
responses to excitatory and inhibitory signaling. Moreover, traditional methods relying on
animal testing are being replaced by 3R principle-based alternatives, emphasizing in vitro
test methods that consider broader chemical–biological interactions. Recent advances, as
discussed by Giusy del Giudice et al. [21], highlight the importance of leveraging multiple
informational levels to strengthen the understanding of biological responses, ultimately
enhancing the predictive capacity of in vitro methods. By utilizing the S1 neuroblastoma
cell line, we can effectively explore the mechanisms of PFAS-induced neurotoxicity while
adhering to ethical considerations and improving the reliability of our findings.

The reduction in GABA-evoked currents following pre-treatment with PFOS and
PFOA highlights a potentially critical pathway by which these compounds exert their
neurotoxic effects, specifically through the modulation of inhibitory neurotransmission.

While the 10 µM concentration used in this study may appear elevated compared to
typical environmental exposures, data from both community and occupational studies
strongly support its relevance. Evidence suggests that PFAS accumulation in the brain
could approach levels observed in our findings, especially under chronic environmental
conditions. Recent analyses have reported average PFOA concentrations close to 160 ng/g
in the hypothalamus of deceased individuals from areas near contamination sources, with
variability indicating that brain levels may reach two to three times higher in certain
individuals [5].

Remarkably, a nearly 1:1 brain-to-blood concentration ratio observed in some cases
suggests a direct proportionality in PFAS retention between serum and brain tissue [4,5].
In communities near contamination sites, mean serum PFOA levels of approximately 1 µM
(423 ng/mL) have been reported among residents, with even higher levels observed in

87



J. Xenobiot. 2024, 14

children aged 2–5 approaching 1 ppm as maximum value [22]. These findings underscore
that even non-occupationally exposed individuals in highly contaminated areas can ex-
perience elevated serum PFOA concentrations. In occupational settings, exposure levels
are even significantly higher. Median serum PFOA levels of up to 2.88 ppm have been
documented among workers in specific roles within fluoropolymer manufacturing plants,
with maximum values reaching 59.4 ppm (148.5 µM) [23]. Additionally, historical data
indicate that serum PFOA levels could reach up to 92 ppm (230 µM) in highly exposed
industrial workers, reflecting cumulative exposure over extended periods due to direct
handling of PFAS-containing materials [24].

These data illustrate a continuum of exposure, from elevated community levels to
extreme concentrations in occupational settings, supporting the relevance of our chosen
10 µM concentration. By using this level in vitro, we simulate acute effects that provide in-
sights into potential neurotoxic mechanisms of PFOA and PFOS. This concentration models
effects likely present in occupationally exposed individuals and provides a mechanistic ba-
sis for understanding cumulative impacts from long-term, low-dose exposure in the general
population. Thus, our experimental approach serves as a valuable model for investigating
PFAS-induced neurotoxicity in both environmental and occupational contexts.

First, it must be pointed out that, due to the GABA amplitude scattering and a
limited number of GABA-expressing cells, we used GABA at a very high concentration
(100 µM) to increase the probability of finding responsive cells. We are aware that this
concentration is saturating, that some other effects of PFAS could be masked, and that it
is necessary to conduct experiments with lower doses in a more suitable cellular model
to better understand PFAS effects. Nevertheless, our results are in good agreement with
Tukker’s data [20], showing a PFOS/PFOA-dependent reduction of current in GABA-
expressing oocytes. Moreover, they claim that both PFAS are non-competitive GABA
antagonists. Similarly, our findings indicate that PFOS and PFOA do not directly induce
currents or alter baseline electrical activity in the S1 neuroblastoma cells when applied
alone. This suggests that their neurotoxic effects may not stem from direct interaction with
the GABAA receptor in the absence of the neurotransmitter, supporting the hypothesis
of an indirect effect on the receptor. However, the significant reduction in GABA-evoked
currents following pre-exposure to these PFAS compounds suggests that PFOS and PFOA
may interfere with the receptor’s ability to respond to GABA, potentially by altering
receptor conformation, hindering receptor function, or affecting the receptor’s interaction
with modulatory binding sites known to be present in the GABAA receptors. There
is compelling evidence suggesting that the neurotoxic effects of PFAS may result from
their accumulation in cell membranes [25], as these compounds tend to integrate into cell
membranes and other lipid bilayers due to their lipophilic nature [3,26–28]. Moreover,
PFAS can alter plasma membrane potential and intracellular pH level [29]. However, the
effects observed in our study are unlikely to be exclusively attributed to these mechanisms.
We observed no significant impact on baseline current, and the relative brief 1 min exposure
followed by rapid washout makes membrane accumulation an improbable cause for the
observed outcomes. The effect on membrane potentials seems unlikely, as adding just
10 micromolar of negative charge on the extracellular side would not be sufficient to cause
a complete block or even a 60% reduction of GABA-induced current. Furthermore, if
the effect were purely charge-dependent, both PFOS and PFOA would produce identical
outcomes due to their shared negative charge. Additionally, there was no observed impact
on the baseline current. However, the potential impact of PFAS on cell membranes cannot
be definitively excluded. While our findings suggest that membrane accumulation may
not be the primary mechanism, especially given the brief exposure and rapid washout, it
remains a possibility that warrants further investigation

In our neuron-like S1 cells, both PFAS effects were reversible within seconds upon
washout. However, in GABA-expressing oocytes, PFOS-induced inhibition was poorly
reversible, suggesting a stronger and more persistent interaction with the receptor in
this model [20]. This discrepancy could be ascribed to differences in biological systems,
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as oocytes express recombinant GABAA receptors with controlled subunit composition,
which may lack the accessory proteins or native conditions present in neuronal cells [20].
Additionally, the subunit composition of GABAA receptors can vary significantly between
models, potentially affecting PFAS binding affinity and reversibility. Nonetheless, the
reversibility of PFAS-dependent inhibition suggests that the interaction between PFOS
or PFOA and GABAA receptors is not permanently damaging but rather a temporary
interference, particularly when PFAS exposure is brief and localized. This reversible
nature also raises concerns about the potential for chronic exposure to cause cumulative
neurotoxic effects, where repeated or prolonged exposure might lead to lasting disruptions
in inhibitory signaling.

GABAA receptors play a crucial role in maintaining the excitatory–inhibitory balance
in the central nervous system. Disruptions to this balance, such as those caused by PFOS
and PFOA, can have far-reaching consequences, potentially leading to increased neuronal
excitability, impaired neural circuits, and the onset of neurological disorders. The fact
that PFOS and PFOA can suppress GABA-evoked currents suggests that their presence
could contribute to altered neural excitability and function, particularly under conditions of
prolonged exposure where recovery between exposures may be incomplete. These findings
are particularly concerning given the widespread and persistent nature of PFOS and PFOA
in the environment and their ability to bioaccumulate in human tissues, including the brain.

Evidence from animal models further underscores the relevance of our in vitro expo-
sure levels. For example, PFOS has been shown to accumulate to concentrations as high as
17 µM in the hippocampus of mice following sub-chronic exposure [30]. Such accumulation
in the hippocampus, a brain region crucial for memory and learning, suggests that our
chosen in vitro concentration mirrors real-world levels that PFOS can achieve in specific
neural structures. This accumulation aligns with our findings on GABAergic suppression,
indicating that PFOS can disrupt normal neurotransmission at concentrations observable
in vivo. Additionally, research in hippocampal neurons [31] demonstrates that PFOS can
enhance excitatory signaling by increasing the frequency and amplitude of excitatory
miniature postsynaptic currents and amplifying field excitatory postsynaptic potentials.
The combination of increased excitatory drive and suppressed inhibitory control suggests
a potential shift toward hyperexcitability in hippocampal circuits, a change that could
impair synaptic plasticity mechanisms essential for cognitive function, such as long-term
potentiation and long-term depression. This pro-excitatory state may lead to excitotoxicity
under prolonged exposure, aligning with epidemiological evidence linking PFAS exposure
to cognitive deficits, developmental delays, and other neurological conditions [3,32,33].
Collectively, these findings support the neurotoxic potential of PFOS and reinforce the
need for examining its effects on GABAergic and excitatory systems in the context of
environmental exposure.

The study underscores the broader health implications of exposure to PFOS and PFOA,
particularly regarding their potential to disrupt critical neurobiological processes. The
observed effects on GABAA receptor-mediated currents provide a mechanistic link between
PFAS exposure and neurotoxic outcomes, supporting the hypothesis that these compounds
could contribute to the development of neurological disorders.

This research highlights the need for further studies to explore the long-term effects of
chronic PFAS exposure on GABAergic neurotransmission and overall brain health. More-
over, the findings call attention to the urgent need for stringent regulatory measures to limit
PFAS exposure. The potential for these compounds to interfere with key neurotransmitter
systems suggests that current exposure levels, even if deemed safe by existing standards,
could pose significant risks to public health, particularly for vulnerable populations such
as children and individuals with pre-existing neurological conditions.

5. Perspectives

Looking forward, it is essential to deepen our understanding of the mechanisms
underlying PFAS-induced inhibition of GABAA receptor function. Future studies should
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aim to identify the specific sites of interaction between PFOS/PFOA and the GABAA
receptor. Conducting molecular docking studies could provide valuable insights into
how these compounds interact at the molecular level with the receptor’s binding sites or
transmembrane regions. Such computational approaches can predict potential binding
sites and modes, guiding experimental efforts to confirm these interactions.

Additionally, exploring the effects of a broader range of PFAS compounds on GABAA
receptor function is crucial. Given the structural diversity within the PFAS family, including
congeners and classes that are not yet restricted or banned, testing other PFAS could reveal
whether the inhibitory effects observed with PFOS and PFOA are common to other related
compounds or are specific legacy ones. This would enhance our understanding of the
structure–activity relationships governing PFAS interactions with GABAA receptors and
identify potential risks associated with other PFAS substances that are currently in use.

From a public health perspective, our findings highlight the importance of revisiting
safety standards and regulatory policies concerning PFAS exposure. Considering their
persistent nature and bioaccumulative properties, even low-level exposure could have
significant health implications over time. Collaborative efforts between scientists, policy-
makers, and industry stakeholders are necessary to develop strategies for reducing PFAS
emissions, remediating contaminated environments, and limiting human exposure.

Finally, investigating potential therapeutic interventions to mitigate PFAS-induced
neurotoxicity is an important area for future research. Identifying compounds or treatments
that can counteract the inhibitory effects of PFAS on GABAA receptors may offer protective
strategies for individuals at risk of exposure.

6. Conclusions

This study demonstrates that PFOS and PFOA significantly inhibit GABAA receptor-
mediated currents in neuron-like neuroblastoma S1 cells. These findings suggest that PFAS
compounds can disrupt inhibitory neurotransmission, potentially shifting the excitatory–
inhibitory balance in the brain and increasing the risk of neurological disorders associated
with excitotoxicity and cognitive deficits. The relevance of our findings is further under-
scored by reports of legacy PFAS accumulation in brain regions like the hippocampus at
levels comparable to those used in our experiments. Given the widespread presence of
these bioaccumulative compounds in the environment, there is an urgent need to reassess
safety standards and minimize human exposure to PFAS to protect neurological health.
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Abstract: In our previous study, we demonstrated that the microalgae Phaeodactylum tricornutum can
bioaccumulate bisphenol A analogues. Since this microalgae species is part of the diet of marine
filter-feeding organisms, such as bivalves, in this study we tested the hypothesis that a diet based on
exposed microalgae can exert negative effects on the clam Ruditapes philippinarum. Microalgae were
exposed for 7 days to 300 ng/L of bisphenol AF (BPAF), bisphenol F (BPF), and bisphenol S (BPS),
alone or as a mixture (MIX), to allow bioaccumulation. Microalgae were then supplied as food to
bivalves. After 7 and 14 days of diet, the effects of exposed microalgae were evaluated on a battery of
biomarkers measured in haemolymph/haemocytes, gills and digestive glands of clams. In addition,
bioaccumulation of the three bisphenols was investigated in clams by UHPLC-HRMS. The results
obtained demonstrated that total haemocyte count (THC) increased in clams following ingestion for
7 days of BPAF- and BPF-exposed microalgae, while BPS-exposed microalgae significantly reduced
THC after 14 days of diet. MIX- and BPS-exposed microalgae increased haemocyte proliferation.
The diet of exposed microalgae affected acid and alkaline phosphatase activity in clams, with an
opposite response between haemolymph and haemocytes. Regarding antioxidants, an increase in
catalase activity was observed in clams after ingestion of BPA analogue-exposed microalgae. The
results also demonstrated marked oxidative stress in gills, the first tissue playing an important role in
the feeding process. Oxidative damage was recorded in both the gills and digestive glands of clams
fed BPA analogue-exposed microalgae. Alterations in epigenetic-involved enzyme activity were
also found, demonstrating for the first time that BPA analogue-exposed food can alter epigenetic
mechanisms in marine invertebrates. No bioaccumulation of BPA analogues was detected in clam
soft tissues. Overall, this study demonstrated that a diet of BPA analogue-exposed microalgae can
induce significant alterations of some important biological responses of R. philippinarum. To our
knowledge, this is the first study demonstrating the effects of ingestion of BPA analogue-exposed
microalgae in the clam R. philippinarum, suggesting a potential ecotoxicological risk for the marine
food chain, at least at the first levels.

Keywords: bisphenol A analogues; microalgae; clams; dietary exposure; biomarkers; bioaccumulation;
antioxidants

1. Introduction

Bisphenol A (BPA) is the most used bisphenol worldwide, with production still
growing [1]. BPA is mainly used in polycarbonate plastic production [2]. However, the
increasing evidence on the estrogenic activity of BPA also in aquatic species [3] has led
to some limitations in its uses. Consequently, the replacement of BPA with other similar
compounds—named BPA analogues—has begun. At least 17 different native bisphenols
and another 131 chemicals derived from them have been synthesised.
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Three of the most known BPA analogues are bisphenol AF (BPAF), bisphenol F (BPF)
and bisphenol S (BPS), being largely used to produce polycarbonate copolymers, epoxy
resins, liners, water pipes, toys, adhesives, food packaging and thermal paper [4]. The in-
creasing use of such BPA analogues led to a consequent release of detectable concentrations
into ecosystems, including freshwater and seawater. Generally, environmental concentra-
tions of BPA analogues range from few ng/L up to hundreds of ng/L in both freshwater
and seawater [5]. For example, a concentration of up to 140 ng/L of BPAF was recorded in
Taihu Lake in China [6]. Moreover, BPF reached an environmental concentration of up to
2850 ng/L in the Tamagawa River in Japan [7]. High levels of BPS (up to 65,600 ng/L) were
recorded in rivers of China [8]. As for the marine coastal environment, the concentrations
of BPA analogues are generally lower than those recorded in freshwater [5]. However,
concentrations of 282 ng/L and 1470 ng/L of BPF were detected in seawater in South China
and Tokyo Bay, respectively [7,9]. Furthermore, BPA was detected at a mean concentration
of 13 ng/g dw (dry weight) in marine sediments from coastal areas of Zhejiang in East
China [10]. In the same area, BPF, BPAF and BPS reached concentrations of 1.6 ng/g dw,
0.53 ng/g dw and 0.69 ng/g dw, respectively [10]. In that study, all seawater samples
contained measurable concentrations of BPA (mean 23 ng/L, range 2.7–52 ng/L), BPS
(2.2 ng/L, 0.15–12 ng/L), and BPAF (0.34 ng/L, 0.12–0.91 ng/L), while BPF was only
detectable in some seawater samples at concentrations lower than 1.0 ng/L [10]. BPA was
also predominant in surface seawater and sediment samples from the Beibu Gulf, South
China Sea, with concentrations ranging from 5.26 to 12.04 ng/L in seawater and from
0.56 to 5.22 ng/g dw in sediment samples, followed by BPAF (0.44–0.60 ng/L in seawater
and 0.08–0.66 ng/g dw in sediments, respectively) and BPS (0.07–0.63 ng/L in seawater and
up to 0.19 ng/g dw in sediments, respectively) [11]. The predicted no-effect concentrations
(PNECs) in freshwater and seawater for the three compounds are, respectively, 1.02 µg/L
and 100 ng/L for BPAF, 5.44 µg/L and 540 ng/L for BPF, and 12.9 µg/L and 27 µg/L for
BPS [12]. However, the only adopted PNEC with legislative relevance is the BPA PNEC,
which was settled at 1500 ng/L for freshwater and 150 ng/L in seawater by the European
Union [13].

In a recent study, we demonstrated that exposure to BPAF, BPF and BPS induced ox-
idative stress and ultrastructural changes in the microalgae Phaeodactylum tricornutum [14].
In that study, bioaccumulation of the three BPA analogues in microalgae was also assessed,
and the results obtained demonstrated that BPAF and BPS were bioaccumulated in mi-
croalgae. In another study, we evaluated the effects and bioaccumulation of the same BPA
analogues (at the same concentrations) in the clam Ruditapes philippinarum [15]. However,
information regarding the toxicity of these compounds in aquatic organisms, whether
exposed to water or subjected to a diet of pre-exposed food, is rather scarce. The present
study tries to fill this knowledge gap. Consequently, we evaluated for the first time the
effects of food-borne exposure to BPAF, BPF, and BPS—alone or as a mixture—on some
important biomarkers in the clam Ruditapes philippinarum. The aim of this study was to
compare the effects caused by the ingestion of BPA analogue-exposed microalgae to the
effects observed in a recent study in which bivalves were exposed to the same contaminants
dissolved in seawater [15].

2. Materials and Methods
2.1. Microalgae Culture and Exposure

P. tricornutum was purchased from the Culture Collection of Algae at Göttingen
University (SAG). Microalgae were grown for 10 days in F/2 medium [16] prepared in
0.45 µm filtered seawater at 16 ◦C, with a light intensity corresponding to 40.5 µmol photons
m−2s−1, and a photoperiod of 12:12 light/dark. BPAF and BPF stock solutions (1 mg/L)
were prepared in methanol, while the BPS solution (1 mg/L) was prepared in distilled
water. Five experimental conditions, namely control, BPAF, BPF, BPS and their mixture
(MIX), were prepared in Erlenmeyer flasks with an F/2 volume of 600 mL at an initial
concentration of microalgae of 5 × 105 cells/mL (inoculum). BPA analogues were added
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in the corresponding experimental condition at a final concentration of 300 ng/L. As for
the mixture, microalgae were exposed to 100 ng/L of each compound. We chose these
concentrations because they are in the same order of magnitude as the BPA analogue
concentrations recorded in marine coastal areas.

Microalgae were treated for 7 days to allow them to bioaccumulate BPA analogues [14].
A solvent control was not performed because we previously observed that methanol does
not cause negative effects on microalgae [14]. In addition, it has been demonstrated that
methanol can cause toxic effects at very high concentrations in aquatic species (tens and
hundreds of mg/L), including marine microalgae [17,18].

2.2. Clam Acclimation and Treatment

R. philippinarum specimens were sampled in February 2023 from a licenced fishing
area in the Lagoon of Venice (Italy). Then, molluscs were acclimated in large aquaria
filled with aerated seawater (salinity of 35 ± 1, temperature of 11 ± 0.5 ◦C) and a sandy
bottom for 7 days. After acclimation, 80 clams (mean length: 36.7 mm) were randomly
divided into 10 experimental tanks without sand (30-litre capacity, 2 tanks per experimental
condition, 40 clams per tank). Every two days, seawater was renewed, and 200 mL
of control or exposed microalgae suspensions were added. To allow clams to take up
contaminants only from the microalgae and not from the medium in which they grew, all
microalgae suspensions (both control and treated groups) were centrifuged at 4000× g
rpm at room temperature for 10 min using an ultracentrifuge Avant-J-25. The supernatant
(=BPA analogue-exposed medium) was discharged, and microalgae were then carefully
re-suspended in 0.45 mm filtered seawater. Clam tissues were collected after 7 and 14 days
of diet with control or exposed microalgae.

2.3. Tissue Collection

A 1 mL syringe was used to collect the haemolymph from the anterior adductor muscle
of clams. We prepared 5 pools of haemolymph (from six clams each) for each experimental
condition at each tissue sampling time (7 and 14 days). After sampling, total haemocyte
count (THC), haemocyte diameter and volume, lactate dehydrogenase (LDH) activity and
haemocyte proliferation (XTT assay) were measured. To obtain cell-free haemolymph
(CFH) and haemocyte lysate (HL), pooled haemolymph was centrifuged at 780× g for
10 min, the pellets (=haemocytes) were then re-suspended in distilled water to obtain HL,
whereas supernatants (CFH) were collected and stored on ice. Both CFH and HL samples
were frozen in liquid nitrogen and stored at −80 ◦C until analyses. After haemolymph
sampling, gills and digestive glands were excised and pooled (five pools of six clams each).
Aliquots of each pooled tissue were then frozen in liquid nitrogen and stored at −80 ◦C
until analyses.

2.4. Haemolymph and Haemocyte Biomarkers

A Scepter™ 2.0 Automated Cell Counter (Millipore, FL, USA) was used to determine
the THC, as well as the haemocyte diameter and volume. In detail, 20 µL of haemolymph
was diluted into 2 mL of Coulter Isoton II diluent. THC was expressed as the number
of haemocytes (105)/mL of haemolymph, while haemocyte diameter and volume were
expressed in µm and picolitres (pL), respectively.

Cell-free haemolymph (CFH) LDH activity was measured using the commercial kit
Cytotoxicity Detection Kit (Roche). Briefly, after centrifugation (780× g for 10 min), 500 µL
of CFH was mixed with an equal volume of reagent provided with the kit. After 30 min,
we measured the absorbance, and the results were expressed as optical density (OD) at
490 nm.

To evaluate haemocyte proliferation, we used the Cell proliferation Kit II. In detail,
a volume of the reagent mixture (provided with the kit) was added to two volumes of
pooled haemolymph and incubated for 4 h at room temperature. Then, we measured the
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absorbance at 450 nm and the results were normalised to THC values of each sample and
expressed as optical density (OD) at 450 nm.

Lysozyme activity was measured in haemocyte lysate (HL) by mixing 50 µL of HL
with 950 µL of a 0.15% suspension of Micrococcus lysodeikticus (Sigma) phosphate buffer
(pH 6.2). The decrease in absorbance was recorded for 3 min at 450 nm at room temperature.
Results were expressed as µg lysozyme/mg of proteins.

The arylsulfatase activity was measured in HL samples measuring the production of
p-nitrocatechol after 1 h at 515 nm [19] and then calculated using the formula proposed
by Baum et al. [20]. Results are expressed as µg of p-nitrocatechol produced per hour/mg
of proteins.

The acid phosphatase and alkaline phosphatase activity were measured both in HL
and CFH. The acid phosphatase hydrolysed the substrate 4-nitrophenyl phosphate during
the incubation at 37 ◦C and the absorbance was measured at 405 nm using a microplate
reader. Results were expressed as U/mg of proteins. Similarly, the alkaline phosphatase
hydrolysed the same substrate in an alkaline buffer, and after the incubation at 30 ◦C, the
absorbance was recorded at 405 nm [21].

Lastly, the total antioxidant capacity of haemolymph was assessed following the cupric
reducing antioxidant capacity (CUPRAC) method [22]. In detail, the cupric ions produced a
coloured complex with neocuproine. Then, the absorbance was measured at 450 nm using
a microplate reader. Results are reported as mM of Trolox equivalents/mg of proteins.

2.5. Gill and Digestive Gland Biomarkers

Gills and digestive gland samples were homogenised using the TissueLyser LT (Qiagen).
In detail, samples were homogenised in four volumes of 10 mM Tris-HCl buffer, pH 7.5,
containing 0.15 M KCl, 0.5 M sucrose, 1 mM EDTA and protease inhibitor cocktail (1:10
v/v) (Merck, Milano, Italy) at 50 oscillations per second for 5 min at 4 ◦C. The samples
were centrifuged at 12,000× g for 30 min at 4 ◦C and supernatants (SNs) were collected for
analyses. All analyses were performed in triplicate.

Like haemolymph, a CUPRAC assay was performed in SNs of both gills and digestive
glands according to the CUPRAC method [22]. The results were expressed as mM of Trolox
equivalents/mg of proteins.

Total superoxide dismutase (SOD) activity was measured following the xanthine
oxidase/cytochrome c method in both gill and digestive gland SNs [23]. Enzyme activity
was expressed as U/mg proteins, and one unit of SOD has been defined as the amount of
sample causing 50% inhibition under the assay conditions.

Catalase (CAT) activity was measured in gill and digestive gland SNs by recording the
absorbance at 240 nm. Results were expressed as U/mg proteins [24]. One unit of CAT was
defined as the amount of enzyme that catalysed the dismutation of 1 µmol of H2O2/min.

Acetylcholinesterase (AChE) activity was measured only in gills following the col-
orimetric reaction between acetylthiocholine and the reagent dithiobisnitrobenzoate [25].
The increase in absorbance at 405 nm was recorded for 5 min using a microplate reader
at room temperature. Results are expressed as nmol/min/mg of protein. Similarly, the
butyrylcholinesterase (BChE) activity was measured using butyrylthiocholine as a substrate
and the absorbance was quantified at 405 nm [26]. The enzymatic activity is expressed as
nmol/min/mg proteins.

Glutathione reductase (GR) activity was measured in both gill and digestive gland SNs
following the method proposed by Smith et al. [27]. In detail, we quantified the amount of
5-thio (2-nitrobenzoic acid) produced at 412 nm. Results are expressed as U/mg proteins.

Glutathione S-transferase (GST) activity was evaluated only in the digestive gland
SN using 1-chloro-2,4-dinitrobenzene (CDNB) and reduced glutathione (GSH) as sub-
strates [28]. GST activity was expressed as nmol/min/mg proteins.

The protein carbonyl content (PCC) and lipid peroxidation (LPO) were measured as oxida-
tive damage biomarkers. Briefly, PCC was measured using the method of Mecocci et al. [29].
This spectrophotometric method is based on the reaction of carbonyl groups with 2,4-
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dinitrophenylhydrazine (DNPH). Results were expressed as nmol carbonyl group/mg
of proteins.

LPO was quantified according to the method of Buege and Aust [30]. The method
is based on the quantification of malondialdehyde (MDA) at 532 nm and the results
were expressed as nmoles of thiobarbituric reactive substances (TBARSs)/mg of proteins.
TBARSs, considered as “MDA-like peroxide products”, were quantified by reference to
MDA absorbance (ε = 156 × 103 M−1 cm−1) [31].

Total protein concentration in SN samples was quantified according to Bradford
et al. [32].

2.6. Epigenetic Biomarkers

The histone N-terminal acetyltransferases (HATs) and histone deacetylases activities
(HDACs) were evaluated in gills and digestive glands. The HAT activity was measured
at 412 nm [33]. In detail, SN samples were prepared as described above, followed by
a sonication step. Then, we used the histone extracted from the calf thymus (Sigma
Aldrich, Milan, Italy) as an acetyl acceptor and acetyl-CoA as an acetyl group donator.
The resulting free thiol group was quantified using 5,5′-dithiobis-(2-nitrobenzoic acid)
at 412 nm in a microplate. Results are expressed as µM of 5-thio-2-nitrobenzoic acid
(TNB-)/mg of proteins. The HDAC activity of class I and II was quantified following the
spectrophotometric method proposed by Yuan et al. [34]. Briefly, SN samples reacted with
the synthetic substrate Boc-Lys(Ac)-pNA, removing the acetyl group from the lysine. This
reaction led to the formation of a chromogen compound that was quantified at 405 nm in a
microplate. Results are expressed as OD at 405 nm/mg of proteins.

2.7. Bioaccumulation

Methanol, acetonitrile, ammonium acetate, BPAF, BPF, BPS and bisphenol A d-16, used
as internal standard, were purchased from Merck (Milan, Italy), while the ultrapure-grade
water was produced with a Pure-Lab Option Q apparatus (Elga Lab Water, High Wycombe,
UK). Bioaccumulation of BPs was evaluated in five organisms collected after 7 and 14 days
of diet with BPA analogue-exposed microalgae. Each sample was accurately weighed and
homogenised (Homogeniser SHM1, Avantor, VWR International Srl, Milano, Italia) after
the addition of 1 mL of ultrapure water. The homogenate was treated with cold acetonitrile
(7 mL) containing the internal standard at 500 µg/L, vortexed for 3 min, and centrifuged at
5000× g rpm for 5 min. After a further centrifugation step (13,000× g rpm, 10 min, 4 ◦C),
20 µL of the supernatant was analysed by UHPLC-HRMS. The system was equipped with
an Agilent 1260 Infinity II LC chromatographer coupled to an Agilent 6545 LC/Q-TOF
mass analyser (Agilent Technologies, Palo Alto, Santa Clara, CA, USA). The analytical
column was a Kinetex 2.6 µm C18 Polar, 100 A, 100 × 2.1 mm (Phenomenex, Bologna,
Italy), at 25 ◦C. Mobile phases A and B were water and acetonitrile, respectively, both
containing 10 mM ammonium acetate, and the eluent flow rate was 0.30 mL/min. The
mobile-phase gradient profile was as follows (t in min): t0–4 0% B; t4–22 0–100% B, t22–25
100% B; t25–32 0% B. The MS conditions were electrospray (ESI) ionisation in negative
mode, gas temperature of 320 ◦C, drying gas at 12 L/min, nebulizer at 35 psi, sheath gas
temperature of 350 ◦C, sheath gas flow of 11 L/min, VCap at 5000 V, nozzle voltage of
0 V, and fragmentor at 150 V. Centroid full-scan mass spectra were recorded in the range
100–1000 m/z with a scan rate of 2 spectra/s. The QTOF calibration was performed daily
with the manufacturer’s solution in this mass range. The Mass Hunter Qualitative Analysis
software (Agilent Technologies, Palo Alto, Santa Clara, CA, USA) was used to analyse
the MS.

Homogenates from untreated organisms were used to build a matrix-matched seven-
point external calibration curve, in the range 0.1–100 µg/L (corresponding to 0.8–800 ng/g
in the initial animal tissues). Linearity was evaluated by least squares regression and
R2 > 0.998 was obtained for all the analytes. LODs were 40 ng/g for BPF, 2 ng/g for BPS
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and 1 ng/g for BPAF. Each treated organism was analysed separately, and results are
reported as mean and standard deviation.

2.8. Statistical Analysis

The normal distribution of data (Shapiro–Wilk’s test) and the homogeneity of the vari-
ances (Bartlett’s test) were assessed. The results obtained were compared by performing
the two-way ANOVA analysis, using “exposure time”, “treatment” (=diet) and “expo-
sure time–treatment interaction” as independent factors. Pairwise comparisons among
experimental conditions were performed using Fisher’s LSD post hoc test. The significant
difference was set at p < 0.05. All results are expressed as means ± standard deviation (SD),
n = 5. The software package Origin 2023 (Origin Lab, Northampton, MA, USA) was used
for statistical analyses.

3. Results
3.1. Haemolymph and Haemocyte Biomarkers

The two-way ANOVA analysis demonstrated that the factors “exposure time” (two-
way ANOVA: p < 0.01), “treatment” (two-way ANOVA: p < 0.001) and “exposure time–
treatment interaction” (two-way ANOVA: p < 0.001) significantly affected THC in clams.
The post hoc test revealed a significant increase in THC values in clams fed for 7 days with
BPAF- and BPF-treated microalgae (Figure 1A). Moreover, clams fed with BPS-exposed
microalgae showed a significant reduction in THC at 14 days when compared to the related
control (Figure 1A).
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Figure 1. Total haemocyte count (THC), expressed as n◦ haemocytes (105)/mL haemolymph (A);
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clams fed with bisphenol-exposed microalgae. Different letters indicate significant differences among
all treatments. N = 5.
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No significant alterations in both the diameter and volume of haemocytes were ob-
served (Figure S1 and Figure S2 in Supplementary Material, respectively).

Similarly, ingestion of BPA analogue-exposed microalgae did not induce cytotoxicity
(LDH assay) in clam haemocytes (Figure S3).

On the contrary, cell proliferation was significantly affected by all the independent
factors (two-way ANOVA: p < 0.001). Pairwise comparisons revealed a significant increase
in haemocyte proliferation in clams fed for 7 days with MIX-exposed microalgae and in
those fed for 14 days with BPS-treated microalgae, with respect to the related controls
(Figure 1B).

Regarding immune-related enzyme activity, only a significant (two-way ANOVA:
p < 0.05) effect of the factor “exposure time” on both lysozyme and arylsulfatase activity
was observed (Figure S4 and Figure S5, respectively). As for acid phosphatase and alkaline
phosphatase activity, a different response of HL and CFH was recorded. Indeed, HL acid
phosphatase activity was influenced only by the factor “exposure time” (two-way ANOVA:
p < 0.05) (Figure S6), while the factors “exposure time” (two-way ANOVA: p < 0.001) and
its interaction with treatment (two-way ANOVA: p < 0.01) had a significant effect in CFH
enzyme activity. A post hoc test revealed a significant increase in CFH acid phosphatase
activity in clams fed for 14 days with BPAF-exposed microalgae, when compared to the
related control (Figure 1C). As for alkaline phosphatase activity, no significant alteration
was found in CFH (Figure S7), while all the independent factors affected (two-way ANOVA:
p < 0.05) enzyme activity. In the latter case, the pairwise comparisons revealed a significant
reduction in enzyme activity in clams fed for 7 days with microalgae treated with BPAF,
BPS and MIX, whereas significantly increased enzyme activity was observed in clams fed
with BPF-treated microalgae, with respect to the related controls (Figure 1D).

Lastly, no significant effects of exposed microalgae on the total antioxidant capacity of
haemolymph (assessed using CUPRAC assay) were observed (Figure S8).

3.2. Gill and Digestive Gland Biomarkers

In gills, the factor “treatment” significantly altered (two-way ANOVA: p < 0.01) the
CUPRAC levels, and the post hoc test revealed significantly increased CUPRAC levels in
clams fed for 7 and 14 days with microalgae treated with MIX (Figure 2A). On the contrary,
digestive gland CUPRAC levels were altered by the factor “exposure time” (two-way
ANOVA: p < 0.001) (Figure S9).

Total SOD activity was influenced by the factor “exposure time” (two-way ANOVA:
p < 0.01) in gills (Figure S10), while the factors “exposure time” (two-way ANOVA: p < 0.001)
and its interaction with treatment (two-way ANOVA: p < 0.05) influenced SOD activity in
digestive glands significantly, even if the post hoc test did not reveal significant differences
among experimental conditions (Figure 2B).

Two-way ANOVA revealed that the factors “exposure time” (p < 0.001) and “treatment”
(p < 0.05) affected CAT activity in gills, with a significant increase in enzyme activity
recorded in clams fed for 7 days with microalgae treated with BPS and in those fed for
14 days with BPF-treated microalgae (Figure 2C). Only the factor “exposure time” had
a significant effect (two-way ANOVA: p < 0.01) on CAT activity in the digestive gland
(Figure S11).

As for GR activity, two-way ANOVA demonstrated that all the independent factors
affected enzyme activity in both gills (two-way ANOVA: p < 0.001, for the factors exposure
time and treatment; p < 0.01 for the factor exposure time–treatment interaction) and diges-
tive glands (two-way ANOVA: p < 0.001, for the factor exposure time; p < 0.01 for the factors
treatment and exposure time–treatment interaction). The post hoc test revealed a signifi-
cant decrease in GR activity in digestive glands in clams fed for 7 days with MIX-treated
microalgae, when compared to the related control (Figure 2D). Significantly increased GR
activity was observed in gills of clams fed for 7 days with MIX-exposed microalgae, with
respect to the related control (Figure 2E).
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Figure 2. Gill CUPRAC (A), expressed as mM of Trolox equivalents/mg proteins; digestive gland
SOD activity (B), expressed as U/mg proteins; gill CAT activity (C), expressed as U/mg proteins;
and GR activity in digestive glands (D) and gills (E), expressed as U/mg proteins, in clams fed with
bisphenol-exposed microalgae. Different letters indicate significant differences among all treatments.
N = 5.

Only the factor “exposure time” significantly affected digestive gland GST activity
(two-way ANOVA: p < 0.05) (Figure S12).

As for oxidative damage biomarkers, namely PCC and LPO levels, significant ef-
fects of experimental conditions were observed. The PCC level was influenced by the
factors “exposure time” in gills (two-way ANOVA: p < 0.001) (Figure S13) and “treatment”
(two-way ANOVA: p < 0.01) in the digestive gland. In the latter tissue, significantly in-
creased PCC levels were observed in clams fed for 14 days with BPS-treated microalgae
(Figure 3A). In the digestive gland, LPO levels were influenced by the factors “treatment”
and its interaction with exposure time (two-way ANOVA: p < 0.05), and the post hoc
test highlighted a significant increase in LPO in clams fed for 14 days with MIX- treated
microalgae (Figure 3B). In gills, LPO values were influenced by the factors “exposure time”
and “exposure time–treatment interaction” (two-way ANOVA: p < 0.05). The post hoc test
demonstrated that BPS-exposed microalgae caused an increase in LPO levels in the clams
fed for 14 days (Figure 3C).
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Figure 3. PCC levels in digestive gland (A), expressed as nmol/mg proteins, and LPO levels in
digestive gland (B) and in gills (C), expressed as nmol TBARS/mg proteins, in clams fed with
bisphenol-exposed microalgae. Different letters indicate significant differences among all treatments.
N = 5.

Regarding neurotoxicity biomarkers, only the factor “exposure time” affected gill
AChE activity (two-way ANOVA: p < 0.01), while all the independent factors did not affect
gill BChE activity (Figure S14 and Figure S15, respectively).

3.3. Epigenetic Biomarkers

The HAT activity was measured in clam gills and digestive glands. In the first tis-
sue, independent factors did not affect HAT according to the two-way ANOVA analysis
(Figure S16), while in the digestive glands, the factor “exposure time*treatment interaction”
significantly affected this epigenetic-involved enzyme activity (p < 0.05). The post hoc
test showed that clams fed for 14 days with microalgae exposed to MIX had significantly
reduced HAT activity (Figure 4A). Regarding the HDAC activity, the factor “treatment”
significantly altered enzyme activity in gills (p < 0.05). Interestingly, the post hoc test
indicated that all clams fed with exposed microalgae had significantly reduced enzyme
activity after 7 days of diet (Figure 4B). As for the digestive gland, HDAC activity was
altered by the factors “exposure time” (p < 0.001) and “treatment” (p < 0.05). In particular,
clams fed MIX-exposed microalgae showed significantly increased HDAC activity after
7 days (Figure 4C).
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3.4. Bioaccumulation

Chemical analyses have shown that clams fed for 7 or 14 days with exposed microalgae
did not bioaccumulate the three bisphenols. Indeed, measured concentrations were always
<LOD for all the samples analysed.

4. Discussion

To the best of our knowledge, this is the first study demonstrating the effects of a
diet of BPA analogue-exposed microalgae in the clam R. philippinarum. Consequently, the
comparison of our results with those of the literature is limited and often refers to data
obtained in aquatic organisms exposed to water contaminated by BPA and its analogues or
by other contaminants supplied through food.

At the cellular level, we observed increased THC values in clams fed for 7 days
with BPAF- and BPF-exposed microalgae, whereas THC was reduced in clams fed for
14 days with BPS-exposed microalgae. Cell proliferation significantly increased in clams
fed for 7 days with MIX-exposed microalgae and in those fed for 14 days with BPS-
exposed microalgae. Our results highlighted a negative relationship between THC and cell
proliferation, both after 7 and 14 days of clam diet (Pearson correlation coefficient: −0.808,
p < 0.001), with increased THC values generally corresponding to reduced haemocyte
proliferation, and vice versa. We hypothesised that the increase in cell proliferation was, at
least in part, an attempt of clams to cope with the reduction in THC values, as in the cases
of clams fed for 7 days with MIX-exposed microalgae and in those fed for 14 days with
BPS-treated microalgae. In contrast, there was no increase in cell proliferation in clams
where there were high levels of THC, as in the case of clams fed with BPAF- and BPF-treated
microalgae. In our previous study, no significant alterations in THC were observed in
clams exposed to the three bisphenols dissolved in water at the same concentrations used
in this study, whereas there was a general reduction in both the diameter and volume of
haemocytes [15]. In that study, a significant increase in cell proliferation was recorded in
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clams exposed for 7 and 14 days to the bisphenol mixture. An impairment of THC was
also reported by Tang et al. [35] in the clam Tegillarca granosa exposed to BPA. Indeed, the
authors reported that THC was reduced after 2 weeks of exposure to 10 and 100 ng/L of
BPA, with a decreased percentage of red granulocytes and an increased percentage of both
basophil granulocytes and hyalinocytes [35]. BPA was also able to reduce THC values in
the crab Charybdis japonica exposed for 1, 3, and 6 days to 1 mg/L of BPA [36]. In a recent
study, the marine bivalve Lithophaga lithophaga was exposed for 28 days to 0.25, 1, 2, and
5 µg/L BPA [37]. In that study, the authors observed an increase in THC value in mussels
exposed to 0.25, 2 and 5 µg/L. Interestingly, they also observed a reduction in both mean
haemocyte diameter and haemocyte nucleus diameter in all the treatments and all the
haemocyte cell types (agranulocytes, hyalinocytes, and granulocytes) [37].

Our findings indicate that BPA analogues can affect THC in clams fed with exposed mi-
croalgae, like what was observed for BPA in different model species and experimental designs.

Based on the results of the LDH assay, in the present study, we can state that BPA
analogues were not able to cause cytotoxic effects in clams fed with exposed microalgae,
similar to what was observed in our previous survey with clams exposed via seawater to
the same contaminants [15]. However, it has been demonstrated that higher concentrations
of both BPF and BPS than those tested in our studies (0, 15.63, 31.25, 62.50, 125, 250, and
500 µM) can cause cytotoxic effects in hepatocytes of the rainbow trout Oncorhyncus mykiss
after 24 h of treatment [38,39]. As for hydrolytic enzymes, CFH acid phosphatase activity
was significantly increased in clams fed for 14 days with BPAF-exposed microalgae, while
HL alkaline phosphatase was reduced in clams fed for 7 days with BPAF, BPS and MIX-
exposed microalgae and increased in clams after 14-day diet with BPF-exposed microalgae.
These results contrast with the findings obtained in clams exposed to BPA analogue-exposed
seawater. Indeed, in that case, acid phosphatase activity decreased significantly in CFH
after 7 days of exposure of clams to BPAF, BPF and BPS, and after 14 days in BPF-, BPS-
and MIX-exposed clams [15]. Moreover, it has recently been demonstrated that BPA can
alter both acid phosphatase and lysozyme activity in the marine worm Urechis unicinctus
exposed for 15 days to 0.07, 7 and 700 µg/L [40]. In detail, that study reported that the
acid phosphatase activity of the experimental group exposed to the highest concentration
initially increased and then decreased. Moreover, the acid phosphatase activity of BPA-
exposed groups was significantly higher than that of the control group on days 5 and
15. Regarding the lysozyme activity, it was significantly decreased in the worms exposed
to 0.07 µg/L after 0.5, 1, 3 and 5 days, while it was significantly increased after 10 and
15 days [40]. On the contrary, the exposure to both 7 and 700 µg/L caused a significant
decrease in lysozyme activity in all the sampling times [40].

Overall, it seems that BPA analogues can exert different effects on clam haemocytes,
depending on exposure modality, via seawater or contaminated diet. However, it is difficult
to state which of the two modalities is more dangerous for R. philippinarum haemocytes
because both (the one adopted in this study and that of the study by Fabrello et al. [15])
caused effects on haemocyte parameters. Moreover, in the present study, phosphatases
showed an opposite pattern of variation between HL and CFH, suggesting a release of
enzymes from haemocytes into CFH. Indeed, an increase in enzyme activity was generally
observed in CFH, whereas a decrease was observed in HL samples of clams during the
first week.

The BPA analogue-exposed diet was able to alter the total antioxidant capacity in clam
gills, where CUPRAC levels increased in bivalves fed for 7 and 14 days with MIX-exposed
microalgae. Moreover, gill CAT activity significantly increased in clams fed for 7 and
14 days with microalgae exposed to BPS and BPF. Interestingly, no significant alterations
of the cupric reducing antioxidant capacity (=CUPRAC) were recorded in the digestive
gland, suggesting that the main diet-mediated toxic effects occurred in gills during the
first part of the feeding process. These findings also suggest that BPA analogue-exposed
microalgae caused an increase in hydrogen peroxide, inducing a response of CAT in gills.
At the same time, no induction of SOD activity was recorded, suggesting the absence of
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superoxide anion production. However, further studies are necessary to better elucidate
the involvement of bisphenols in ROS production.

This evidence is in accordance with our previous results obtained in clams exposed to
contaminated seawater [15]. Indeed, in that study, no significant alterations of CUPRAC
levels were observed in digestive glans, whereas there was a significant reduction in the
total antioxidant capability in gills from clams exposed for 14 days to BPS and MIX. In
addition, gill SOD activity increased significantly in animals exposed to BPS (after 14 days)
and MIX (after 7 and 14 days), while CAT activity increased following exposure for 7 and
14 days to MIX [15].

The glutathione cycle plays a pivotal role in both restoring the oxidative status inside
the cells and detoxifying xenobiotics. Two of the main glutathione cycle-involved enzymes
are GR and GST. In the present study, the first one was significantly affected by the
ingestion of exposed microalgae in both the gills and digestive glands of clams. Indeed, GR
activity was significantly increased in the gills of clams fed for 7 days with MIX-exposed
microalgae, while a reduction in GR activity was found in the digestive gland. The increased
activity of GR in gills indicates that the glutathione level (GSH) needed to be restored,
probably because it was reduced during antioxidant response. In accordance, the CUPRAC
results in gills highlighted an increased antioxidant level in the gills of clams exposed
to MIX-treated microalgae. Recently, the effects of BPA on a simplified food chain were
investigated by Esperanza et al. [41] in which the clams Corbicula fluminea were exposed
for 30 days to BPA-exposed microalgae, BPA-exposed water or BPA in both microalgae
and water. For the preparation of BPA-exposed microalgae, they exposed Chlamydomonas
reinhardtii cultures for 24 h at 30 mg/L of BPA, while the tested BPA concentration in
water was 7.5 mg/L. Like our study, Esperanza et al. [41] measured several biomarkers in
clams. CAT, selenium-dependent glutathione peroxidase (GPX) and total GPX activities
were significantly increased in the whole tissues, whereas GR activity increased at all the
exposure conditions, even if the exposure to exposed microalgae only caused the lowest GR
increase. Contrary to what was observed in our study concerning GST results, which did not
reveal any alteration, Esperanza et al. [41] observed a significant inhibition of GST activity
after exposure to both BPA-exposed water and microalgae. Regarding BPA analogues, very
few studies have been conducted on a simplified marine food chain. In Chlamys farreri, the
effects of exposure via microalgae alone or microalgae + water contaminated with the BPA
analogue tetrabromobisphenol A (TBBPA) were assessed [42]. Firstly, the authors exposed
the microalgae Nitzschia closterium f. minutissima to 400 µg/L of TBBPA for 24 h and then
they provided the microalgae to scallops for 10 days. After 0.5, 1, 3, 6 and 10 days of diet,
GST activity, as well as glutathione levels, was significantly increased by experimental
conditions in both gills and digestive glands. The authors reported that TBBPA also
increased SOD activity at almost all the conditions tested, concluding that TBBPA was
able to cause oxidative stress in clams [42]. They also reported a significant reduction in
microsomal cytochrome P450 in the gills and digestive gland. Similarly, cytochrome b5
values were significantly reduced by all treatments, even if 3 days of water+food-borne
exposure caused a significant increase in gills [42].

As for the results of previous studies on the effects of food contaminated by other
contaminants, Iummato et al. [43] analysed the biochemical alterations in the golden mussel
Limnoperna fortunei under dietary glyphosate exposure. Briefly, the green algae Scenedesmus
vacuolatus was previously exposed to a mixture of commercial formulation of glyphosate
(6 mg/L active principle) with the addition of alkyl aryl polyglycol ether surfactant. Then,
the algae were used as food for mussels for 4 weeks and the authors measured the activity
of SOD, CAT, GST, and alkaline phosphatase, as well as the glutathione (GSH) content after
1, 7, 14, 21 and 28 days of dietary exposure of mussels. They found that mussels fed on
glyphosate-exposed microalgae for 28 days showed increased GST activity, whereas alkaline
phosphatase activity was significantly increased at 21 and 28 days of dietary exposure. On
the contrary, GSH content and CAT and SOD activities did not show significant differences
between treated and untreated bivalves [43]. A similar experimental plan was adopted
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to assess the effect and transfer of other compounds, such as heavy metals, nanoparticles
and hydrocarbons [44–47]. For instance, the effects of benzo(α)pyrene and 7,12-dimethyl
benz(α)anthracene on a marine food chain were evaluated at a concentration of 5 ng/L each
on the mussels Mytilus galloprovincialis that were directly exposed to contaminated seawater
and in fishes Dicentrarchus labrax that were exposed to contaminated seawater or fed with
exposed mussels for 75 days. Benzo(α)pyrene-monooxygenase activity increased in treated
shellfish, while ethoxyresorufin-O-deethylase (EROD) activity increased after 20 days in
fishes exposed to contaminated seawater or fed with exposed mussels [44]. More recently,
Wang et al. [47] assessed the trophic transfer and effects of titanium dioxide nanoparticles
(TiO2 NPs) from the marine microalga Nitzschia closterium to the scallop Chlamys farreri. In
detail, they exposed the scallop through aqueous exposure or dietary exposure, and they
found increased lysosomal membrane permeability, DNA damage, and histopathological
effects induced by TiO2 NPs, mainly in scallops after aqueous exposure rather than dietary
exposure [47]. In another study, the effects of silver nanoparticles (Ag NPs) (soluble or as
lactate Ag NPs) at low concentrations (10 µg/L) were evaluated in the bivalve Scrobicularia
plana exposed for 14 days directly (water) or via the diet (microalgae) [48]. Interestingly,
the authors highlighted that the response of oxidative stress biomarkers (CAT, GST, SOD)
in the whole soft tissues of bivalves was more important after dietary than water-borne
exposure to Ag. In detail, CAT activity significantly increased by both water and dietary
Ag, whereas an Ag-contaminated diet caused significantly increased activity of both SOD
and GST [48].

We have also evaluated oxidative damage to both lipids and proteins in clams fed
with BPA analogue-exposed microalgae. As a result, oxidative damage to proteins (PCC
levels) increased significantly only in the digestive gland of clams fed for 14 days with BPS-
exposed microalgae. Moreover, LPO increased in clam gills following a diet of 14 days with
BPS-exposed microalgae, while in the digestive gland, LPO levels increased significantly
after 14 days in clams fed with MIX-exposed microalgae. The finding that BPS- and MIX-
exposed microalgae were able to increase oxidative damage in clams suggested that BPS,
if provided via food, both alone or in a mixture, can be considered the most harmful BPA
analogue among the three tested.

Esperanza et al. [41] reported an increased LPO level in the clams Corbicula fluminea
exposed for 30 days to BPA-exposed water or BPA-exposed microalgae and water. Overall,
the results obtained in this study indicated that BPA analogues can alter the antioxidant
system and cause oxidative damage in clams.

Previous studies indicated that bisphenols can cause neurotoxic effects [49,50]. How-
ever, we did not observe neurotoxicity in both the present and the previous study [15].
Therefore, we can exclude that BPA analogues are neurotoxic to clams, at least under the
experimental conditions tested.

The effects of a contaminated diet on the activity of enzymes involved in epigenetic
mechanisms were also evaluated for the first time in clams. We measured the activity of
enzymes involved in the addition and remotion of acetyl groups from the histones, which is
a well-known histone post-translational modification that can change the regulation of gene
expression [51]. Regarding ecotoxicological studies, it has been demonstrated that exposure
to chemical compounds can alter epigenetic mechanisms, as reported in zebrafish exposed
to several compounds, such as benzo-α pyrene, heavy metals, PFASs and BPA [52–56]. In
particular, it has been demonstrated that exposure to BPA induced global transcriptomic
changes in zebrafish embryos and larvae with an alteration in the gene expression of
histone deacetylases and DNA methyltransferases [57]. Similarly, Gonzalez-Rojo et al. [58]
reported that BPA significantly altered the gene expression of histone acetylation-related
genes. In detail, they observed that zebrafish males exposed to 2 mg/L of BPA showed
alterations in the expression of two histone deacetylase genes in the testes after 21 days of
exposure. There was a decrease in gene expression of the kat6a gene and, at the same time,
an increase in the hdac4 gene expression level. Interestingly, they also observed that the
global H3 histone acetylation in the testes increased after exposure to both 0.1 mg/L and
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2 mg/L, while HAT activity in testes nuclear extracts significantly increased after exposure
for 21 days to 2 mg/L of BPA. Our results indicated that BPA analogues provided through
food can also alter the enzyme activity of both HAT and HDAC. In particular, clams fed
for 14 days with MIX-treated microalgae had significantly reduced HAT activity in the
digestive gland. In the same tissue, HDAC activity was significantly increased by the same
treatment, but after 7 days of diet. Altered enzyme activities could have caused a reduction
in the global histone acetylation level in the digestive gland of clams. On the contrary, gill
HDAC activity significantly decreased after 7 days under all the treatments, in comparison
to the related control, suggesting an increased histone acetylation level. However, the
global histone acetylation level was not evaluated in this study.

Regarding bioaccumulation, no detectable concentrations of bisphenols were found
in clams after ingestion of exposed microalgae. However, it is reported that diet can be a
vehicle for bisphenols between different food chain levels. Indeed, Hu et al. [42] reported
that TBBPA was significantly bioaccumulated after both food-borne and water+food-borne
exposure to the mollusc Clamys farreri. Interestingly, bioaccumulation was observed in
gills, digestive glands, muscles and soft tissues after 0.5, 1, 3 and 6 days of exposure.
However, the dietary uptake was lower than the direct TBBPA uptake from water [42]. A
similar result was reported in Scrobicularia plana for both soluble and lactate Ag NPs, in
which bioaccumulation was higher after 14 days of water-borne than dietary exposure [48].
Similar conclusions (greater bioaccumulation in clams exposed to seawater compared to
those fed contaminated food) can be formulated for this study because in the previous one,
we demonstrated that clams exposed to bisphenols through seawater can accumulate such
contaminants [15].

In conclusion, our results suggest that a diet of BPA analogue-exposed microalgae can
affect important biomarkers in different clam tissues. Indeed, THC, haemocyte proliferation
and two important hydrolytic enzymes, acid and alkaline phosphatases, were affected by
exposed microalgae, revealing that BPA analogues can alter some immune responses if
provided via food. We also observed an increase in CAT activity, suggesting that a BPA
analogue-exposed diet exerted toxic effects, mainly in gills, which is the first organ of the
feeding process. Nevertheless, GR activity increased in gills and decreased in digestive
glands. Oxidative damage was found in both gills and digestive glands, suggesting that
BPA analogues can affect important macromolecules when provided to clams through diet.
Lastly, our study demonstrated for the first time that BPA analogue-exposed microalgae
can alter epigenetic mechanisms in marine invertebrates. No bioaccumulation of BPA
analogues was detected in clam soft tissues. Overall, this study demonstrated that a diet of
BPA analogue-exposed microalgae can induce significant alterations of some important
biological responses of R. philippinarum. To the best of our knowledge, this is the first study
demonstrating the effects of ingestion of exposed microalgae in the clam R. philippinarum,
suggesting a potential ecotoxicological risk for the marine food chain, at least at the
first levels.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/jox14030069/s1, Figure S1: haemocyte diameter, expressed as µm.
Different letters indicate significant differences among all treatments. N = 5; Figure S2: haemocyte
volume, expressed as pL. Different letters indicate significant differences among all treatments. N = 5;
Figure S3: LDH activity expressed, as OD490 nm. Different letters indicate significant differences
among all treatments. N = 5; Figure S4: lysozyme activity in HL, expressed as µg lysozyme/mg
proteins. Different letters indicate significant differences among all treatments. N = 5; Figure S5:
arylsulfatase activity in HL, expressed as µg p-nitrocatechol/h/mg proteins. Different letters indicate
significant differences among all treatments. N = 5; Figure S6: acid phosphatase activity in HL,
expressed as U/mg proteins. Different letters indicate significant differences among all treatments.
N = 5; Figure S7: alkaline phosphatase activity in CFH, expressed as U/mg proteins. Different
letters indicate significant differences among all treatments. N = 5; Figure S8: CUPRAC levels
in haemolymph, expressed as mM Trolox Eq/mg proteins. Different letters indicate significant
differences among all treatments. N = 5; Figure S9: CUPRAC levels in digestive gland, expressed as
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mM Trolox Eq/mg proteins. Different letters indicate significant differences among all treatments.
N = 5; Figure S10: SOD activity in gills, expressed as U SOD/mg proteins. Different letters indicate
significant differences among all treatments. N = 5; Figure S11: CAT activity in the digestive
gland, expressed as U CAT/mg proteins. Different letters indicate significant differences among
all treatments. N = 5; Figure S12: GST activity in the digestive gland, expressed as nmol/min/mg
proteins. Different letters indicate significant differences among all treatments. N = 5; Figure S13:
PCC levels in gills expressed as nmol/mg proteins. Different letters indicate significant differences
among all treatments. N = 5; Figure S14: AChE activity in gills, expressed as nmol/min/mg proteins.
Different letters indicate significant differences among all treatments. N = 5; Figure S15: BChE
activity in gills, expressed as nmol/min/mg proteins. Different letters indicate significant differences
among all treatments. N = 5; Figure S16: HAT activity in gills, expressed as µmol TNB-/mg proteins.
Different letters indicate significant differences among all treatments. N = 5.
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Abstract: Three-dimensional (3D) fish hepatocyte cultures are promising alternative models for
replicating in vivo data. Few studies have attempted to characterise the structure and function of
fish 3D liver models and illustrate their applicability. This study aimed to further characterise a
previously established spheroid model obtained from juvenile brown trout (Salmo trutta) primary hep-
atocytes under estrogenic stimulation. The spheroids were exposed for six days to environmentally
relevant concentrations of 17α-ethinylestradiol—EE2 (1–100 ng/L). The mRNA levels of peroxi-
some (catalase—Cat and urate oxidase—Uox), lipid metabolism (acyl-CoA long chain synthetase 1—Acsl1,
apolipoprotein AI—ApoAI, and fatty acid binding protein 1—Fabp1), and estrogen-related (estrogen
receptor α—ERα, estrogen receptor β—ERβ, vitellogenin A—VtgA, zona pellucida glycoprotein 2.5—ZP2.5,
and zona pellucida glycoprotein 3a.2—ZP3a.2) target genes were evaluated by quantitative real-time
polymerase chain reaction. Immunohistochemistry was used to assess Vtg and ZP protein expres-
sions. At the highest EE2 concentration, VtgA and ZP2.5 genes were significantly upregulated. The
remaining target genes were not significantly altered by EE2. Vtg and ZP immunostaining was
consistently increased in spheroids exposed to 50 and 100 ng/L of EE2, whereas lower EE2 levels
resulted in a weaker signal. EE2 did not induce significant changes in the spheroids’ viability and
morphological parameters. This study identified EE2 effects at environmentally relevant doses in
trout liver spheroids, indicating its usefulness as a proxy for in vivo impacts of xenoestrogens.

Keywords: brown trout; primary hepatocytes spheroids; environmental concentrations; 17α-ethinylestradiol;
3D cultures

1. Introduction

A wide range of negative impacts on aquatic species has been claimed by endocrine-
disrupting chemicals (EDCs), namely estrogenic compounds [1]. In fish, estrogens may
cause changes in lipid and steroid hormone profiles [2], disruptions in the biotransformation
metabolism [2,3]), and even behavioural and body phenotype alterations [4]. In salmonids,
the liver effects associated with the classic endocrine disruptor 17α-ethinylestradiol (EE2)
have been intensely discussed and investigated using both in vivo [5–7] and in vitro [8–11]
models. Transcriptomics has often been explored to study the impacts of EE2, as reviewed
by Martyniuk et al. [12], unveiling estrogen-regulated genes. As an example, according
to Hultman et al. [9], the microarray analysis of rainbow trout (Oncorhynchus mykiss)
primary hepatocytes after EE2 exposure revealed gene expression alterations in distinct
biological pathways related to estrogen receptor (ER) regulation, biotransformation, lipid
metabolism, and cellular growth. In accordance, the EE2 treatment of liver slices of Atlantic
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cod (Gadus morhua) upregulated vitellogenin (Vtg) and zona pellucida (ZP) genes [13], both
recognized as estrogenic biomarkers [14,15].

In mammals, three-dimensional (3D) hepatic models are increasingly being used as
alternatives to in vivo assays for investigating metabolism [16,17], hepatic diseases [18],
and hepatotoxicity [19], and even for testing new drug candidates [20].

While research on 3D systems in fish is not as advanced as that in mammals, studies in
recent years have contributed to the establishment of experimental approaches for the main-
tenance of viable and functional hepatocytes from a variety of fish species [21–25]. There is
an enormous potential for using 3D liver models in the context of environmental toxicology.
In this line, spheroids from a clearfin livebearer (Poeciliopsis lucida) hepatocellular carcinoma
(PLHC-1) cell line were used to test the effects of a mixture of plastic additives (1 to 50 µM)
and revealed a liver-like lipid profile phenotype [23]. Further, PLHC-1 spheroids exposed
to benzo(a)pyrene (1 nM to 5 µM) showed Cyp1a induction and cellular alterations, evi-
dencing its high potential for screening the induction of xenobiotic metabolism and tissue
damage [26].

Estrogenic compounds were already tested in fish hepatocyte spheroids. For example,
Park et al. [25] found upregulations of Vtg5 mRNA expressions in zebrafish liver (ZFL)
cell line spheroids stimulated with 1 nM of 17β-estradiol (E2) for 24 h. Additionally, an
increase in ER and Vtg mRNA levels was observed in rainbow trout hepatocyte spheroids
from day 1 to day 8 in culture after 24 h exposure to 1 µM of E2 [27].

Primary hepatocyte brown trout spheroids were previously characterized in terms of
viability, morphological parameters, histomorphology, and basal gene expression [21,22].
The present study aimed to test the applicability of those spheroids by exposing them to
environmentally relevant concentrations of EE2 (1 to 100 ng/L). Gene expression analyses
of a selection of target genes and immunohistochemistry were used to assess effects. To
our knowledge, this is the first study using 3D cultures of fish primary hepatocytes under
environmentally relevant concentrations of EE2. It uncovers innovative findings and sets
baselines to enable further advances for implementing 3D cultures in fish toxicity assays.

2. Materials and Methods
2.1. Fish

A stock of sexually immature brown trout (Salmo trutta) of 12 (±2) months—mean
(±SD)—was obtained from the Aquaculture Station of Torno (Amarante, Portugal). The
animals were randomly distributed (maximum of 5 fish per tank) in 6 independent 100 L
fiberglass tanks under a continuous dechlorinated water recirculation system and acclima-
tized for at least two weeks before use in diverse experiments. For this study, 6 animals
were sampled from the different tanks. The fish were maintained under a photoperiod
of 12 h light/12 h dark and fed daily ad libitum (Trout Plus 4, AquaSoja), except before
isolations. The fish were visually inspected daily and did not have lack of appetite or any
common stress behaviours. Finally, no gross lesions were noted, either when living or after
sacrifice. Fish used in this study had a mean weight of 49.0 (±26.1) g and a mean total
length of 16.3 (±2.9) cm.

The water physicochemical parameters were analysed at least once a week using commer-
cial test kits to measure ammonium/ammonia and nitrates/nitrites (Prodac, Cittadella, Italy):
ammonium and ammonia—0.0 (±0.0) mg/L, nitrates—35.4 (±4.2) mg/L, and nitrites—0.05
(±0.02) mg/L. Water temperature—19.3 (±1.4) ◦C and oxygen (O2)—90.1 (±1.5)% were deter-
mined using a portable instrument (DO210, VWR International, Leuven, Belgium), and pH
levels—7.9 (±0.3) were measured using a pH reader (WTW pH530, Oberbayern, Germany).

2.2. Hepatocyte Isolation

Six fish were independently used for primary hepatocyte isolation. The fish were
euthanized with an aqueous solution (0.6 mL/L) of ethylene glycol monophenyl ether
(Merck KGaA, Darmstadt, Germany). All experimental procedures followed the Portuguese
Decree-Law No. 113/2013, implementing EU Directive No. 2010/63 on animal protection
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for scientific purposes and respecting animal handling. The blood (±1 mL) was collected
using insulin syringes through the caudal vein in order to minimize the amount of blood
in the liver. After the liver was sampled, primary hepatocytes were isolated by ex situ
collagenase perfusion using Hanks’ Balanced Salt Solution (HBSS), as previously described
in detail [11]. Cell viability was checked in all experiments using an automatic cell counter
(InvitrogenTM, CountessTM Automated Cell Counter) based on the trypan blue exclusion
assay; cell viability was 76% (±7.0).

2.3. Exposure Assays

Hepatocytes were cultured on four plates per fish at a cell density of 5 × 105 cells/mL
(total volume of 3 mL/well), using 6-well non-tissue culture treated sterile plates with
flat bottom and low evaporation lid (351146, Falcon, Corning, New York, NY, USA).
The culture medium consisted of Dulbecco’s modified Eagle medium/nutrient mixture
F-12 (DMEM/F-12) (GE Healthcare Life Sciences, South Logan, UT, USA) with 10% fetal
bovine serum (FBS) (Merck KGaA, Darmstadt, Germany), 15 mM of 2-[4-(2hydroxyethyl)1-
piperazinyl]-ethanesulfonic acid (HEPES) (Merck KGaA, Darmstadt, Germany), and 10 mL/L
of antibiotic/antimycotic solution (Merck KGaA, Darmstadt, Germany), since it has already
proven to be ideal for cultures of brown trout primary hepatocyte spheroids (PHS) [21,22].
The culture medium (1.5 mL/well) was changed every 48 h. Hepatocytes were main-
tained at 18 ◦C, without an additional supply of O2/CO2, and at constant orbital agitation
(~100 rpm) (IKA® MTS 2/4 digital microtiter shaker, Higashiosaka, Japan). At the 12th day
post-isolation, the spheroids were exposed (on the same initial plates) until the 18th day
post-isolation to different conditions: control—C (DMEM/F-12 with 15 mM HEPES, 10
mL/L of antibiotic/antimycotic solution, and charcoal-stripped FBS 10%, v/v), solvent
control—SC (0.1% ethanol in supplemented DMEM/F-12 medium), and four EE2 concen-
trations, 1—1 ng/L (0.003 nM), 10—10 ng/L (0.033 nM), 50—50 ng/L (0.169 nM), and
100—100 ng/L (0.337 nM) in supplemented DMEM/F-12 medium. Medium changes were
performed on alternate days (total volume changed on the 14th and 16th days post-isolation),
as previously established [21]. On the 18th day post-isolation, spheroids generated from each
independent fish were sampled for cell viability (lactate dehydrogenase—LDH and resazurin
assays), morphological parameters (area, equivalent diameter and sphericity), morphology,
and molecular analyses.

2.4. Spheroids Morphological Parameters

For each experiment on the 18th day post-isolation, brown trout PHS were pho-
tographed (n = 30 spheroids/condition) under a 10× objective lens in an Olympus CKX41
light microscope connected to an M5C-CYL-PL-D685CU Pixelink® camera (Barrington, NJ,
USA). Spheroid photos were analysed using AnaSP software version 2.0 to obtain the area,
equivalent diameter, and sphericity [28].

2.5. Lactate Dehydrogenase (LDH) Assay

An LDH Cytotoxicity WST Assay Kit (ENZ-KIT157, Enzo Life Sciences, New York, NY,
USA) was used to determine the LDH leakage in cell culture supernatants derived from each
well housing the spheroids, across various experimental conditions. For each experiment on
the 18th day post-isolation, 100 µL of cell culture supernatants per well (total of 4 replicates
per fish, 1 from each plate/condition), previously centrifuged at 1500 rpm (0.2 rcf) for 5 min,
were transferred to 96-well microplates (351172, non-tissue culture treated sterile plate with
a flat bottom and low evaporation lid, Falcon, Corning, New York, NY, USA). Background
controls were also included by adding 100 µL of fresh culture medium (n = 8 wells). Then,
all wells received 100 µL of working solution, and the plate was incubated for 30 min at
room temperature (±20 ◦C), protected from light. Absorbances were measured at 490 nm
after stopping the reaction in a MultiskanTM GO microplate spectrophotometer (Thermo
Scientific, Vantaa, Finland). Background subtraction was performed, and data were plotted
for each condition.
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2.6. AlamarBlue™ HS Cell Viability Reagent Assay

A total of 8 spheroids (total of 4 replicates per fish, 1 from each plate per condition)
were transferred individually to a 96-well microplate (351172, non-tissue culture treated
sterile plate with a flat bottom and low evaporation lid, Falcon, Corning, New York, NY,
USA). After transfer, 90 µL of the fresh culture medium was added to each well, followed
by 10 µL of the AlamarBlue™ HS Cell Viability Reagent (A50101, Invitrogen, Thermo Fisher
Scientific, Life Technologies Corporation, Eugene, OR, USA). Blanks (n = 8 wells) were
performed using the same amount of the corresponding medium but without spheroids.
The plates were incubated at 18 ◦C for 24 h, protected from light, and at constant agitation
(~100 rpm) (IKA® MTS 2/4 digital microtiter shaker). The fluorescence was read at 550 nm
and 588 nm (excitation and emission lengths, respectively) in a microplate Biotek Synergy™
HTX multimode reader (Agilent, Santa Clara, CA, USA) with the software Gen5 version
3.05.11 (Agilent, Santa Clara, CA, USA). The fluorescence values of each sample were
adjusted by blank subtraction and plotted for each condition.

2.7. Spheroids Morphology

For each experiment on the 18th day, spheroids (n = 6 per condition per fish) were
transferred individually into 1.5 mL microtubes. The fixation was conducted using 500 µL
of 10% buffered formalin (Epredia, Breda, The Netherlands) at room temperature. After
24 h, the fixative was changed to 70% ethanol. Richard-Allan Scientific HistoGel (HG-4000,
Epredia, Breda, The Netherlands) was used to embed the spheroids. Dehydration, clearing,
and paraffin impregnation were carried out over 12 h in an automatic processor (TP 1020,
Leica Biosystems, Wetzlar, Germany). Posteriorly, the samples were embedded in paraffin
(Histoplast, Epredia, Breda, The Netherlands) using an embedding station (EG1140C,
Leica Biosystems, Wetzlar, Germany). After embedding, 1 spheroid/fish per exposure
condition was sectioned with a thickness of 3 µm in a fully automated rotary microtome
(RM2255, Leica Biosystems, Wetzlar, Germany). Sections were stained with hematoxylin
and eosin (H&E), and their visualization and photographs were obtained using a light
microscope (BX50, Olympus, Tokyo, Japan) coupled with a digital camera (EP50, Olympus,
Tokyo, Japan).

2.8. RNA Extraction and cDNA Synthesis

One pool of spheroids per condition was obtained on the 18th day post-isolation for
each independent experiment. The minimum number of brown trout PHS required to
obtain the pellet was previously optimized [21]. Spheroids were transferred into 1.5 mL
microtubes, centrifuged at 1500 rpm for 5 min, and the pellets were snap-frozen in liquid
nitrogen and stored at –80 ◦C. Total RNA was extracted with an illustraTM RNAspin Mini
RNA Isolation Kit (GE Healthcare, Chicago, IL, USA), which involves a step of treating with
DNase I to prevent contamination from genomic DNA. RNA quantification and purity were
determined using a MultiskanTM GO microplate spectrophotometer (Thermo Scientific,
Vantaa, Finland) with a µDrop™ Plate and a SkanIt Microplate Reader software version 4.1.
The cDNA synthesis was performed using the iScript™ Reverse Transcription Supermix
kit (Bio-Rad, Hercules, CA, USA), using 300 ng of total RNA for a total volume of 20 µL.

2.9. Quantitative Real-Time Polymerase Chain Reaction (RT-qPCR)

The CFX Connect real-time PCR detection system and CFX Manager software version 3.1
(Bio-Rad, Hercules, CA, USA) were used for RT-qPCR. Reactions included 5 µL of cDNA
(diluted 1:5), 10 µL of iQ™ SYBR® Green Supermix (Bio-Rad, Hercules, CA, USA), and
200 nM of each primer (total volume of 20 µL). Duplicates of cDNA samples and no-
template controls were always included in each analysis. A melt curve was used to assess
the product’s specificity.

For the relative gene quantification, the Pfaffl method was used [29], and the normal-
ization was performed using the geometric mean of the two most stable reference genes
(glyceraldehyde-3-phosphate dehydrogenase—gapdh and ribosomal protein l8—rpl8), based on the
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NormFinder algorithm [30]. Target genes included acyl-CoA long chain synthetase 1 (Acsl1),
apolipoprotein AI (ApoAI), catalase (Cat), estrogen receptor α (ERα), estrogen receptor β (ERβ),
fatty acid binding protein 1 (Fabp1), urate oxidase (Uox), vitellogenin A (VtgA), zona pellucida
glycoprotein 2.5 (ZP2.5), and zona pellucida glycoprotein 3a.2 (ZP3a.2). The conditions and
primer sequences are in Table 1.

Table 1. Primer sequences, annealing temperature (AT), and efficiencies (E).

Gene Abbreviation Primer Sequences AT (◦C) E (%) References

Acyl-CoA long chain synthetase 1 Acsl1 F: 5′-CGACCAAGCCGCTATCTC-3′

R: 5′-CCAACAGCCTCCACATCC-3′ 55.0 97.8 [6]

Apolipoprotein AI ApoAI F: 5′-ATGAAATTCCTGGCTCTTG-3′

R: 5′-TACTCTTTGAACTCTGTGTC-3′ 55.0 89.9 [31]

Catalase Cat F: 5′-CACTGATGAGGGCAACTGGG-3′

R: 5′-CTTGAAGTGGAACTTGCAG-3′ 58.0 91.4 [32]

Estrogen receptor α ERα
F: 5′-GACATGCTCCTGGCCACTGT-3′

R: 5′-TGGCTTTGAGGCACACAAAC-3′ 61.6 91.2 [5]

Estrogen receptor β ERβ
F: 5′-TGTGGACCTGTGCCTGTTC-3′

R: 5′-ACATGAGCCCTAGCATCAGC-3′ 66.5 103.3 [5]

Fatty acid binding protein 1 Fabp1 F: 5′-GTCCGTCACCAACTCCTTC-3′

R: 5′-GCGTCTCAACCATCTCTCC-3′ 57.0 97.7 [31]

Urate oxidase Uox F: 5′-CTTCCGAGACCGCTTCAC-3′

R: 5′-CATTCTGGACCTTGTTGTAGC-3′ 59.0 90.6 [5]

Vitellogenin A VtgA F: 5′-AACGGTGCTGAATGTCCATAG-3′

R: 5′-ATTGAGATCCTTGCTCTTGGTC-3′ 62.9 99.0 [5]

Zona pellucida glycoprotein 2.5 ZP2.5 F: 5′-ATCAATAACCACAGCCACAATG-3′

R: 5′-ACCAGGGACAGCCAATATG-3′ 55.0 99.0 [33]

Zona pellucida glycoprotein 3a.2 ZP3a.2 F: 5′-AACTACACTCCACTTCATC-3′

R: 5′-CACATCTCCTTCATCTTCA-3′ 54.5 101.8 [33]

Glyceraldehyde-3-phosphate
dehydrogenase Gapdh F: 5′-CCACCTATGTAGTTGAGTC-3′

R: 5′-ACCTTGAGGGAGTTATCG-3′ 55.0 92.8 [34]

Ribosomal protein l8 rpl8 F: 5′-TCAGCTGAGCTTTCTTGCCAC-3′

R: 5′-AGGACTGAGCTGTTCATTGCG-3′ 59.0 93.8 [5]

2.10. Immunohistochemistry

The histological slides were deparaffinized with xylene (2 × 10 min) and hydrated
using a series of ethanol (100%, 95%, and 70%). Then, two antigen retrieval protocols
were followed according to the specific antibody. For Vtg, the sections were immersed in
Tris/EDTA, pH 9.0, and heated for 15 min in a microwave (700 W) after boiling. For ZP,
the antigen retrieval was performed by immersing the slides in citrate buffer 0.01 M, pH 6,
and heating them in a pressure cooker for 3 min after reaching the maximum pressure. All
slides were then left to cool to room temperature. Next, a solution of 3% hydrogen peroxide
(Merck KGaA, Darmstadt, Germany) in methanol was used to block the endogenous
peroxidase over 10 min. The following protocol steps followed the NovoLink™ Max
Polymer Detection Kit (RE7280-K, Leica Biosystems, Newcastle, UK) recommendations.
For the Vtg and ZP immunohistochemistry procedures, the sections were incubated for
2 h (at ±20 ◦C) in a humidified chamber with a polyclonal rabbit anti-Arctic char Vtg,
PO-1 (V01409201, Biosense Laboratories AS, Bergen, Norway) antibody, and a polyclonal
rabbit anti-salmon zona radiata protein, O-146 antibody (Z03402202, Biosense Laboratories
AS, Bergen, Norway), respectively. The Vtg and ZP antibodies were used at a dilution
of 1:2500 and 1:3000, respectively, in phosphate-buffered saline (PBS) with 5% bovine
serum albumin (BSA) (NZYTech, Lisbon, Portugal), as previously implemented in brown
trout [35]. Negative controls were incubated in PBS with BSA 5% (NZYTech, Lisbon,
Portugal), and positive controls were liver sections from a mature female brown trout. The
3,3′-diaminobenzidine (DAB) was used as chromogen, and counterstaining was achieved
with Mayer’s hematoxylin (Merck KGaA, Darmstadt, Germany) for 1 min. The slides

114



J. Xenobiot. 2024, 14

were dehydrated in ethanol, cleared in xylene, and mounted with Q Path® Coverquick
2000 media (VWR Chemicals, Fontenay-sous-Bois, France). A light microscope (BX50,
Olympus, Tokyo, Japan) and a digital camera (EP50, Olympus, Tokyo, Japan) were used to
photograph the spheroid sections.

2.11. Statistical Analyses

Descriptive and inferential statistics and graphs were created using Past 3 software
version 3.25 [36] and the GraphPad Prism version 8.0.1, respectively. Shapiro–Wilk and
Levene’s tests checked the assumptions of normality and homogeneity of variance of data
sets, respectively. A one-way analysis of variance (ANOVA) was followed by Tuckey’s
pairwise comparison post-hoc test. The non-parametric Kruskal–Wallis ANOVA and the
Mann–Whitney pairwise comparison post-hoc test with sequential Bonferroni corrections
were used in a few cases where the mentioned assumptions were not verified, even after
data transformation. The differences were considered significant for p < 0.05.

3. Results
3.1. Morphological Parameters

Bright-field images showed compact spheroids in all conditions with well-defined
limits (Figure 1). For all experimental conditions, the area, equivalent diameter, and
sphericity of the spheroids were not significantly influenced by EE2 exposures (Figure 1).
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EE2 in supplemented DMEM/F-12 medium, EE2 10 ng/L—10 ng/L of EE2 in supplemented 
DMEM/F-12 medium, EE2 50 ng/L—50 ng/L of EE2 in supplemented DMEM/F-12 medium, and 
EE2 100 ng/L—100 ng/L of EE2 in supplemented DMEM/F-12 medium. Data correspond to medi-
an, minimum, maximum, 25th, and 75th percentiles. Common lower-case letters indicate no sig-
nificant differences (p > 0.05) between conditions. 
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Figure 2. LDH and resazurin assays from brown trout PHS (total of 6 independent fish, n = 8 
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ditions: C—control (supplemented DMEM/F-12 medium), SC—solvent control (0.1% ethanol in 
supplemented DMEM/F-12 medium), EE2 1 ng/L—1 ng/L of EE2 in supplemented DMEM/F-12 
medium, EE2 10 ng/L—10 ng/L of EE2 in supplemented DMEM/F-12 medium, EE2 50 ng/L—50 
ng/L of EE2 in supplemented DMEM/F-12 medium, and EE2 100 ng/L—100 ng/L of EE2 in sup-
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Figure 1. Light microscopy images, area, equivalent diameter, and sphericity of brown trout PHS
(total of 6 independent fish, n = 30 spheroids per condition) after 6 days exposure (12th to 18th post-
isolation day) to distinct conditions: C—control (supplemented DMEM/F-12 medium), SC—solvent
control (0.1% ethanol in supplemented DMEM/F-12 medium), EE2 1 ng/L—1 ng/L of EE2 in
supplemented DMEM/F-12 medium, EE2 10 ng/L—10 ng/L of EE2 in supplemented DMEM/F-12
medium, EE2 50 ng/L—50 ng/L of EE2 in supplemented DMEM/F-12 medium, and EE2 100 ng/L—
100 ng/L of EE2 in supplemented DMEM/F-12 medium. Data correspond to median, minimum,
maximum, 25th, and 75th percentiles. Common lower-case letters indicate no significant differences
(p > 0.05) between conditions.
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3.2. Viability—LDH and Resazurin Assays

The LDH and resazurin assays did not evidence significant differences between expo-
sure conditions, as shown in Figure 2.
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Figure 2. LDH and resazurin assays from brown trout PHS (total of 6 independent fish, n = 8
spheroids per condition) after 6 days of exposure (12th to 18th post-isolation day) to distinct condi-
tions: C—control (supplemented DMEM/F-12 medium), SC—solvent control (0.1% ethanol in supple-
mented DMEM/F-12 medium), EE2 1 ng/L—1 ng/L of EE2 in supplemented DMEM/F-12 medium,
EE2 10 ng/L—10 ng/L of EE2 in supplemented DMEM/F-12 medium, EE2 50 ng/L—50 ng/L
of EE2 in supplemented DMEM/F-12 medium, and EE2 100 ng/L—100 ng/L of EE2 in supple-
mented DMEM/F-12 medium. Absorbance values at 490 nm and relative fluorescence units (RFU
550/588 nm) were plotted against each condition. Data correspond to median, minimum, maximum,
25th, and 75th percentiles. Common lower-case letters indicate no significant differences (p > 0.05)
between conditions.

3.3. Morphology

No evident alterations were noted in the general structure of PHS between expo-
sure conditions (Figure 3). Overall, spheroids showed a spherical/elliptical shape in all
conditions. Hepatocytes had well-defined cellular limits and an intact nucleus (Figure 3).

3.4. RT-qPCR

The lipid metabolism- and peroxisome-related genes were not significantly influenced
by EE2 exposure (Figure 4). Regarding the direct estrogen-related genes, the ZP3a.2, ERα,
and ERβ showed stable mRNA levels, while VtgA and ZP2.5 expressions were dose-
responsive and significantly upregulated at the highest concentration (100 ng/L) (Figure 4).

3.5. Immunohistochemistry

Overall, for both antibodies used, the C and SC conditions showed no significant
immunostaining (Figure 5), whereas EE2 exposure resulted in positive labelling, which
was classified into three levels of intensity (in particular for Vtg): low, moderate, and
strong. Vtg and ZP immunostaining were both cytoplasmic and varied between diffuse
and a granular pattern homogeneously distributed throughout the spheroids. Despite inter-
animal variability, the overall pattern showed weaker immunostaining signals in spheroids
exposed to EE2 concentrations of 1 ng/L and 10 ng/L (Figure 5). Moderate to strong
immunolabelling was noticed for EE2 at 50 ng/L and 100 ng/L (Figure 5), respectively.
The pattern obtained with both antibodies was well-defined, especially for the 100 ng/L
condition. Negative controls did not show immunostaining.
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Figure 3. Hematoxylin and eosin (H&E) stained histological sections of brown trout PHS (total of
6 independent fish, n = 6 spheroids per condition) after 6 days exposure (12th to 18th post-isolation
day) to distinct conditions. C—control (supplemented DMEM/F-12 medium); SC—solvent control
(0.1% ethanol in supplemented DMEM/F-12 medium), EE2 1 ng/L—1 ng/L of EE2 in supplemented
DMEM/F-12 medium, EE2 10 ng/L—10 ng/L of EE2 in supplemented DMEM/F-12 medium, EE2
50 ng/L—50 ng/L of EE2 in supplemented DMEM/F-12 medium, and EE2 100 ng/L—100 ng/L of
EE2 in supplemented DMEM/F-12 medium.
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an, minimum, maximum, 25th, and 75th percentiles. Conditions not showing common letters differ 

Figure 4. Relative mRNA levels of peroxisomal (Cat and Uox), lipid (Acsl1, ApoAI and Fabp1),
and estrogen-related target (ERα, ERβ, VtgA, ZP2.5 and ZP3a.2) genes of brown trout PHS (total
of 6 independent fish, n = 1 pools of spheroids per condition) after 6 days of exposure (12th to
18th post-isolation day) to distinct conditions: C—control (supplemented DMEM/F-12 medium),
SC—solvent control (0.1% ethanol in supplemented DMEM/F-12 medium), EE2 1 ng/L—1 ng/L
of EE2 in supplemented DMEM/F-12 medium, EE2 10 ng/L—10 ng/L of EE2 in supplemented
DMEM/F-12 medium, EE2 50 ng/L—50 ng/L of EE2 in supplemented DMEM/F-12 medium,
and EE2 100 ng/L—100 ng/L of EE2 in supplemented DMEM/F-12 medium. Data correspond
to median, minimum, maximum, 25th, and 75th percentiles. Conditions not showing common
letters differ significantly (a vs. b, p < 0.05). Significant differences (p < 0.05) between groups
are represented by different letters. Cat—catalase; Uox—urate oxidase; Acsl1—acyl-CoA long chain
synthetase 1; ApoAI—apolipoprotein AI; Fabp1– fatty acid binding protein 1; ERα—estrogen receptor al-
pha; ERβ—estrogen receptor beta; VtgA—vitellogenin A; ZP2.5—zona pellucida glycoprotein 2.5; and
ZP3a.2—zona pellucida glycoprotein 3.2.
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Figure 5. Immunohistochemistry staining for Vtg and ZP on 18-day-old spheroids from brown 
trout PHS after 6 days of exposure (12th to 18th day post-isolation) to distinct conditions: 
SC—solvent control (supplemented DMEM/F-12 medium), EE2 10 ng/L—10 ng/L of EE2 in sup-
plemented DMEM/F-12 medium, EE2 50 ng/L—50 ng/L of EE2 in supplemented DMEM/F-12 me-

Figure 5. Immunohistochemistry staining for Vtg and ZP on 18-day-old spheroids from brown trout
PHS after 6 days of exposure (12th to 18th day post-isolation) to distinct conditions: SC—solvent
control (supplemented DMEM/F-12 medium), EE2 10 ng/L—10 ng/L of EE2 in supplemented
DMEM/F-12 medium, EE2 50 ng/L—50 ng/L of EE2 in supplemented DMEM/F-12 medium, and
EE2 100 ng/L—100 ng/L of EE2 in supplemented DMEM/F-12 medium. Positive immunolabelling
corresponds to a brown colour signal.

4. Discussion

Like in other research areas, the practice in ecotoxicology has been to limit the number
of animals killed. In mammals, 3D hepatocyte cultures remain viable with morphological
and functional capacities closer to in vivo liver and over extended periods more than the
ones reported in two-dimensional (2D) cultures [18].

Hence, 3D cultures have recently been explored for developing and characterising new
fish models [37–39]. In this context, environmentally realistic conditions must be evaluated
in 3D fish models before these can be adopted as accurate alternatives to in vivo studies. As
such, the present study is a step toward determining the potential of using fish 3D models
by testing environmental exposure concentrations. Using a previously developed spheroid
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model of primary brown trout hepatocytes, this study investigated the effects of EE2 at low,
medium, and high environmental concentrations on estrogen-related targets.

EE2 environmental levels are variable, ranging from 0.002 ng/L [40] to 45 µg/L [41].
The goal here was to test four concentrations of EE2, three of which were within the range of
levels most frequently detected in the environment, as well as a concentration of 100 ng/L;
although above the average, environmental monitoring also found such levels [41–43].

The morphological parameters (area, equivalent diameter, and sphericity) of 18-day-
old brown trout PHS were not influenced by any EE2 concentration. Compact spheroids
were observed in all conditions, which indicates that these EE2 levels did not compromise
the cell–cell interactions and, consequently, the 3D structure of spheroids. Viable and
metabolically competent brown trout PHS were observed in all conditions and resembled
the biometric and morphological characteristics previously described for these spheroids
with the same days in culture [22].

The genes selected here to evaluate the effect of EE2 were based on in vivo and in vitro
assays, using liver or 2D hepatocytes isolated from brown trout, respectively [6,31,35]. In
these studies, the target genes associated with various pathways, including estrogenic,
peroxisome, and lipid-related pathways, exhibited estrogen-specific responses.

Here, there were no significant differences in the mRNA levels of the selected peroxi-
somal and lipid metabolism-related genes after 6 days of exposure to EE2. Lipid-related
pathways are frequently listed as estrogen-responsive in fish [3,44,45]. Therefore, the ab-
sence of changes in the genes tested here may be related to the model, the doses, exposure
time, and/or selected targets. For instance, in zebrafish liver, the expression of ApoAI was
significantly downregulated in response to 10 ng/L of EE2 for 21 days [46]. According to
Madureira et al. [6], the same peroxisomal (Cat and Uox) and lipid (Fabp1 and ApoAI) target
genes in brown trout liver showed a decrease or an increase (Acsl1) in gene expression
after 28 days of in vivo exposure to EE2 (50 µg/L) [6]. However, it should be noted that
in the latter example, the selected concentration is approximately 5000-fold times higher
than the usual environmental range (using a concentration of 10 ng/L as reference). A
distinct profile was found regarding the expression of the VtgA and ZP2.5 genes, both
widely accepted as estrogenic markers [47]. In this study, the VtgA and ZP2.5 mRNA
levels were significantly higher after exposure to EE2 at 100 ng/L compared to the other
groups. An increasing trend was evident following exposure to 50 ng/L of EE2, although
statistical significance was not proved. Data from in vivo EE2 experiments with different
fish species support our results with brown trout PHS. For instance, increases in Vtg gene
expression were observed in rainbow trout and male medaka (Oryzias latipes) after water
exposure to 125 ng/L and 100 ng/L of EE2 over 61 days [7] and 4 weeks [48], respectively.
Uren Webster et al. [33] found a significant upregulation of vtg1, ZP2.5, and ZP3a.2 genes
after 4 days of water treatment with 34.4 ng/L of E2. Interestingly, ZP2.5 transcript was
more responsive to E2 than ZP3a.2, which aligns with our results. Also, in brown trout,
low doses of EE2 (3 ng/L) for 21 days caused a Vtg mRNA induction in vivo [5], but this
did not happen in PHS, at least for the exposure time tested here. Evidence linked Vtg
induction in trout to ER expression [49], but the ERα and ERβ mRNA levels did not change
significantly in the present study. Mortensen and Arukwe [50] showed that liver ERα and
ERβ mRNA levels significantly decreased, while Vtg and ZP increased at day 3 after EE2
exposures (50 ng/L) in juvenile Atlantic salmon. It was suggested by the authors that basal
ER levels may be sufficient to trigger Vtg and ZP gene inductions, which may justify here
the steady ER expression with increases of VtgA and ZP2.5 mRNA levels. Further, prior
studies demonstrated a peak induction of ERα mRNA levels in less than 48 h after EE2
exposure in rainbow trout [7]. As a result, we cannot rule out the possibility that we did
not assess (at least) ERα expression at its maximum induction time.

In vitro studies with hepatocyte cell cultures also corroborate the VtgA and ZP2.5
gene expression patterns obtained in this study. In rainbow trout primary hepatocytes
exposed to EE2 for 48 h, there was a dose–effect concentration on the upregulation of vtg1,
zrp3, and zrp4 levels for concentrations above 88.9 ng/L (0.3 nM) [9]. In fish hepatocyte
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spheroid cultures, estrogenic stimulation has also been tested but, so far, in unrealistic envi-
ronmental concentrations [25,27,51,52]. For instance, according to Pelissero et al. [52], EE2
highly increased the Vtg concentrations in the culture medium of rainbow trout hepatocyte
aggregates at the 296,400—29,640,000 ng/L (1000–100,000 nM) range, although minimal in-
duction was measured at 296.4 ng/L (1 nM). Flouriot et al. [27] described that the Vtg mRNA
induction was caused by exposure to 272,380 ng/L (1 µM) of 17β-estradiol (E2) during 24 h
in male rainbow trout hepatocyte spheroids. Also, in the zebrafish liver (ZFL) cell line, the
Vtg5 mRNA expression was upregulated after exposure to E2 (1 nM = 272.38 ng/L) [25].

Within the present study, EE2 also caused a specific induction of Vtg and ZP protein
expression, as already evidenced in the liver of Atlantic salmon exposed to other estrogenic
compounds [53,54]. The positive control labelling for Vtg and ZP protein was cytoplas-
mic, as previously reported for both antibodies in brown trout hepatocytes [35]. Here,
immunohistochemistry corroborated gene expression, showing a consistent increase in Vtg
and ZP proteins, particularly after exposure to 100 ng/L of EE2. Immunolabelling was
weaker and variable across the fish for lower EE2 concentrations (1 and 10 ng/L). The effect
concentration that caused a 10-fold Vtg protein induction in rainbow trout hepatocytes was
71.7 ng/L (2.42 × 10−10 mol/L) [8], which aligns with the data obtained here.

5. Conclusions

The present study revealed the applicability, sensitivity, and specific responsiveness to
EE2 of primary brown trout hepatocyte spheroids under distinct environmentally relevant
levels. At 100 ng/L, remarkable effects were detected, particularly the stimulation of Vtg
and ZP genes and protein expression. Lipid target genes did not change, even at the
higher EE2 concentration, under the tested conditions. Given the published evidence
from in vivo and 2D in vitro research, the model used here could serve as an alternate
diagnostic tool for uncovering some effects arising from exposure to estrogen-disrupting
compounds. However, further studies should be considered to disclose the EE2 effects at
environmentally relevant levels in brown trout PHS and its applicability as an alternative
model in ecotoxicology.
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Abstract: With the increasing integration of nanomaterials into daily life, the potential ecotoxicological
impacts of nanoparticles (NPs) have attracted increased attention from the scientific community. This
study assessed the ecotoxicity of ZnS quantum dots (QDs) doped with varying molar concentrations
of Mn2+ on Chlorella vulgaris. The ZnS:Mn QDs were synthesized using the polyol method. The
size of the ZnS:Mn QDs ranged from approximately 1.1 nm to 2 nm, while the aggregation size in
Seine River water was 341 nm at pH 6 and 8. The presence of ZnS:Mn (10%) NPs exhibited profound
toxicity to Chlorella vulgaris, with immediate reductions in viability (survival cells) from 71%, 60% to
51%, 52% in BG11 and Seine River water, respectively, at a concentration of 100 mg L−1 of ZnS:Mn
(10%) NPs. Additionally, the ATP content in Chlorella vulgaris significantly decreased in Seine River
water (by 20%) after 3 h of exposure to ZnS:Mn (10%) NPs. Concurrently, SOD activity significantly
increased in Seine River water, indicating that the ZnS:Mn (10%) NPs induced ROS production and
triggered an oxidative stress response in microalgae cells.

Keywords: nanoparticles; toxicological impact; toxicity; quantum dots; behavior; dissolution;
risk; fate

1. Introduction

The release of engineered materials into the environment may negatively affect living
organisms in the ground, rivers, and oceans. Despite the growing prevalence of nanoma-
terials in various devices, research on the degradation of these materials remains scant,
while numerous studies have focused on their impact on plants and potential incorporation
into the food chain. With increasing apprehensions about nanotechnologies, the drive to
comprehend the biological and environmental repercussions of manufactured materials is
intensifying [1]. Enhancing our understanding of ecotoxicological mechanisms is crucial
not only for environmental conservation but also for advancing chemistry by developing
more nature-friendly protocols. For this, conducting physicochemical studies is vital for un-
derstanding the behavior of these materials, as well as their uptake and distribution within
microorganisms [2–4]. Environmental risk assessments of nanoparticles should consider
both environmental exposure (dissolution/aggregation) and hazards, such as ecotoxicity.

Among various manufactured nanomaterials, II-VI semiconducting nanocrystals
stand out for their quantum confinement, enabling the tailoring of electronic and optical
properties by adjusting particle size [5,6]. ZnS nanoparticles (NPs), recognized for their
application in displays [7], can display different colors when doped [8–13], as dopants serve
as emitting centers within the quantum-confined crystalline structure of the quantum dots
(QDs) [14,15]. To generate an orange wavelength (580–590 nm), manganese is a prevalent
dopant in ZnS; Mn2+ can replace zinc in the blende lattice as a divalent cation. The emission
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peak is typically attributed to the electronic transition between 4T1 and 6A1 energy levels
of tetrahedral [MnS4]6− molecular species [9]. However, as the exploration of the potential
of ZnS nanoparticles continues, so does the imperative to understand their environmental
impact and potential toxicity.

To evaluate the toxicity of ZnS quantum dots doped with Mn2+ and conduct ecotoxi-
cological assays, selecting an appropriate natural setting and an aquatic model organism is
crucial. Microalgae serve as excellent aquatic models due to their ability to proliferate in
nutrient-rich lakes and seas, conducive to microalgae cultivation. Seine River water, known
for its high mineral salt content [16–18], is ideal for culturing microorganisms. Microalgae
are utilized in wastewater treatment [19,20] and have demonstrated proficiency in assimi-
lating nutrients from such sources. Their ease of cultivation, relatively short growth period
(<1 week), and sensitivity to pollutants [21–23] make them valuable for ecotoxicological
studies. Certain algal species have shown remarkable abilities to eliminate some kinds of
environmental pollutants (such as metal pollutants or biodegradable NPs) [24–26]. Chlorella
vulgaris, recognized for its sensitivity and crucial role as a primary producer in aquatic
ecosystems, has become a key organism in ecotoxicology [27–29]. This microalga, prevalent
in diverse aquatic environments, is highly sensitive to environmental shifts. For instance,
exposure to pollutants can lead to observable toxicological symptoms in C. vulgaris within
72–96 h, establishing it as a potent bioindicator for NP toxicity evaluation [30–32]. More-
over, the easy culture and maintenance of C. vulgaris in laboratory conditions, allowing
large-scale, controlled cultivation, enhances the reproducibility of toxicological studies and
minimizes logistical hurdles.

Microorganisms in natural environments are often the initial points of contact with
functional engineered nanomaterials. Nonetheless, the toxicity mechanisms of NPs, such
as ZnS:Mn NPs, have not yet been fully explored. While extensive research has been
conducted on the toxicity of cadmium-based NPs (e.g., CdSe, CdS, CdTe) [33–36] and
oxides (like ZnO NPs, TiO2 NPs, SiO2 NPs) [37–39], studies investigating the ecotoxicity of
low-dose Mn-doped ZnS NPs to aquatic algae remain relatively scarce.

In this study, we aim to evaluate the ecotoxicity of ZnS:Mn nanoparticles (synthesized
via the polyol process) when interacting with Chlorella vulgaris in Seine River water [16].
The ecotoxic effects of ZnS NPs with varying Mn2+ dopant concentrations on microalgae
were investigated. Specifically, we examined the impact of ZnS:Mn NPs on mitochondrial
activity (Adenosine TriPhosphate (ATP) content), superoxide dismutase (SOD) activity,
photosynthetic activity, and microalgae viability. Notably, Mn2+ can dissolve in the aquatic
system and may pose toxicity to C. vulgaris. The dissolved Mn2+ or ZnS:Mn NPs, once inter-
nalized by algal cells, could affect the functionality of chloroplasts and mitochondria. This
is primarily achieved through the induction of reactive oxygen species (ROS), potentially
leading to cell death.

2. Materials and Methods
2.1. Synthesis of Mn-Doped ZnS Quantum Dots Using the Polyol Method

All chemicals are of analytical grade and were used without any further purifica-
tion. Manganese acetate tetrahydrate (≥99%, Mn(CH3COO)2·4H2O), trioctylphosphine
oxide (TOPO, (CH3(CH2)7)3PO), and diethylene glycol (DEG) (OH(CH2)2O(CH2)2OH)
were purchased from Sigma-Aldrich, Saint-Quentin Fallavier, France; thiourea (99%,
SC(NH2)2) was purchased from Alfa Aesar, Paris, France; and zinc acetate dihydrate
(98 + %, Zn(CH3COO)2·2H2O) was purchased from Acros Organics, Illkirch, France.

Zinc acetate dihydrate (Zn(CH3COO)2·2H2O, 87.8 mg) and manganese acetate tetrahy-
drate (Mn(CH3COO)2·4H2O, 1.0 mg, 4.1 mg, 8.5 mg and 24.5 mg) were mixed in a three-
neck flask with 80 mL of diethylene glycol (DEG) to synthesize ZnS:Mn (0.5%), ZnS:Mn
(2.0%), ZnS:Mn (4.0%), and ZnS:Mn (10%) in presence of thiourea (38.8 mg) and TOPO
(193.3 mg). All the reagents were dissolved in DEG with 20 min of sonication, and then
the solutions were heated to 180 ◦C for 30 min; after that, ZnS:Mn (0.5%), ZnS:Mn (2.0%),
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ZnS:Mn (4.0%); ZnS:Mn (10%) NPs were recovered after 3 cycles of centrifugation (at
22,000× g rpm) and washing with ethanol, and then dried at 60 ◦C overnight.

2.2. Characterization of ZnS:Mn QDs

The crystalline structure of the synthesized ZnS:Mn NPs was analyzed using XRD with
a X’Pert Pro Pananalytical diffractometer (Panalytical, Almelo, The Netherlands), employ-
ing Co Kα radiation over a range of 10–80◦ (2θ) with a scan step of 0.016◦. Peak indexing
was executed utilizing Highscore Plus software (version 5.2, Panalytical, The Netherlands)
and the ICSD-Panalytical Database. Cell parameters and coherent diffraction domain size
were determined using MAUD software (version 2.92, Trento, Italy) [40], based on the
Rietveld method.

The surface chemical composition analysis of the NPs was performed through XPS
using a Thermo VG ESCALAB 250 instrument (ThermoFisher Scientific, East-Grinstead,
UK) equipped with a micro-focused monochromatic Al Kα X-ray source (1486.6 eV) and
a magnetic lens. The X-ray spot size was 500 µm (15 kV, 150 W). Spectra were collected
in constant analyzer energy mode with pass energies of 100 and 40 eV for survey spectra
and high-resolution regions, respectively. Data acquisition and processing were conducted
using “Avantage” software (version 4.67). The C1s peak at 285 eV, attributed to adventitious
contamination, served as a reference for binding energy calibration and charge correction.

Mn, Zn, and S ratios were determined by XRF spectrometry (Panalytical, Almelo,
The Netherlands). Nanopowders were dispersed in demineralized water, and 20 µL of
aliquots was deposited on clean polycarbonate membranes and dried. The membranes
were then analyzed using an Epsilon 3XL (Panalytical) XRF spectrometer equipped with a
silver X-ray tube. Operating conditions varied: 20 kV and 15 µA for Mn, 50 kV and 6 µA
for Zn, and 10 kV and 30 µA for S. A certified solution of Mn, Zn, and S (Inorganic Ventures
1 g/L) was utilized for calibration under identical conditions, within a range from 0 to
30 µg.

The morphology of the NPs was assessed by transmission electron microscopy (TEM)
using a JEOL-100 CX II microscope (JEOL, Tokyo, Japan) at 100 kV. The mean diameter and
standard deviation were derived from an image analysis of approximately 250 particles,
conducted using ImageJ software (Version 1.53).

Dynamic light scattering (DLS) and zetametry were utilized to assess the size distri-
bution and surface charge of the NPs using a Zetasizer (Spectris plc., London, UK) from
Malvern. The ζ potential was measured at room temperature, beginning with their aqueous
solution (1 g L−1) after vigorous sonication for 10 min. The concentration of these solutions
was 0.1 mg mL−1, with pH levels of 2, 4, 6, 8, and 10, respectively.

The dissolution concentrations of Mn and Zn were quantified via inductively coupled
plasma–atomic emission spectroscopy (ICP-AES) (ICAP 6200 Thermo Fisher, Thermo
Fisher Scientific, Waltham, MA, USA). Detection and quantification limits were 0.20 ppb
and 0.67 ppb for Zn, and 0.02 ppb and 0.07 ppb for Mn, respectively. The standard deviation
associated with these measurements was less than 5%. The concentration of solutions used
for ICP-AES was 0.01 mg mL−1.

2.3. Chlorella vulgaris Culture

C. vulgaris were sourced from the Museum National d’Histoire Naturelle (MNHN)
Culture Collection. C. vulgaris, a planktonic eukaryotic single-cell green alga, was cultivated
in 75 cm2 cell culture flasks purchased from Thermo Fisher in (i) sterile BG11 medium
(pH 7.30) and (ii) Seine River water (SRW, pH 8.11). Then, 15 mL of C. vulgaris culture was
mixed with 45 mL of various media, and then all cultures were maintained at a controlled
temperature of 25 ◦C and a daily light cycle of 16 h of luminosity (50–80 µmol m−2 s−1

photosynthetic photon flux, PPF) in an ambient CO2 environment. The live cell con-
centration in these media (BG11, SRW) was approximately 8.84 × 106 cells mL−1 and
5.59 × 106 cells mL−1, before commencing the experiments.
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Seine River water was taken from the river close to Université Paris Diderot, France
(GPS: 48.828335◦ N, 2.385351◦ E), immediately filtered with a 0.22 µm acetate membrane
(Millipore)(Sigma-Aldrich, Saint-Quentin Fallavier, France), autoclaved (121 ◦C for 20 min),
and then stored at 4 ◦C in a fridge. The average chemical composition of Seine River water
is shown in Table 1.

Table 1. Chemical composition of Seine River water [16].

×10−3 mol/L Na+ Mg2+ Ca2+ K+ Cl− Alkalinity SO2−
4 NO−

3 SiO2 pH DOC
(mg/L)

Seine River water 0.429 0.189 2.366 0.077 0.617 3.807 0.334 0.382 0.06 8.05 2.445

2.4. Ecotoxicity Assessments

Survival viability was assessed using the Cellometer Auto T4 (Nexcelom, Lawrence,
KS, USA). SOD (superoxide dismutase) enzymatic activity was measured using the 19,160 SOD
Determination Kit from Sigma-Aldrich (Saint-Quentin-Fallavier, France). SOD activity was
colorimetrically evaluated through a kinetic method and readings were taken at 450 nm
using an Envision Multilabel Plate Reader (Perkin-Elmer, Waltham, MA, USA).

ATP levels in the samples were detected using the luciferase–luciferin enzymatic assay
kit BacTiter-Glo™ from Progema (Charbonnières-les-Bains, France). This kit facilitates
the release of ATP from algal cells through cell lysis, negating the need for cell washing
or medium removal. The reagent can be directly added to the microplate well. ATP
quantitation was performed using an Envision Multilabel Plate Reader (Perkin-Elmer,
Waltham, MA, USA) equipped with a luminescent optical filter. All assays were conducted
in triplicate, and the test reagents used in the ecotoxicity assessments are also from the
same batch.

Biomass transmission electron microscopy (TEM) studies were carried out using a
Hitachi H-700 (Tokyo, Japan) at 80 kV, equipped with a Hamatsu camera (Massy, France).
The microalgae were initially fixed with a mixture containing 2% glutaraldehyde and picric
acid in a Sorengën phosphate buffer (0.1 M, pH 7.4). Cells were contrasted with 0.5%
osmium tetroxide. Dehydration was then achieved through a series of ethanol baths, after
which the samples were processed for flat embedding in Supper resin. Ultrathin sections of
the samples in resin were then produced using a Reicherd E Young Ultracut ultramicrotome
(Leica, Wetzlar, Germany).

2.5. Statistical Analysis

Statistical analyses were performed using SPSS v.26.0. For comparisons among control
and treatments, one-way analysis of variance (ANOVA) test followed by Tukey’s post hoc
test was conducted for the variables that met the criteria of normality (Shapiro–Wilk test,
p > 0.05), homoscedasticity (variance homogeneity, Levene test, p > 0.05) and independence
(Durbin Watson test, p~2.0). For the variables that did violate the assumptions for ANOVA
validity, a non-parametric Kruskal–Wallis test was conducted. Differences between groups
were considered statistically significant when p ≤ 0.05 and marginally significant when
0.05 < p ≤ 0.1.

3. Results and Discussion
3.1. Structural Characterization of ZnS:Mn NPs

X-ray diffraction (XRD) patterns of the ZnS:Mn NPs are illustrated in Figure 1. The
diffraction peaks observed at 33◦, 56◦, and 67◦ correspond to the (111), (220), and (311)
crystalline planes of the cubic ZnS phase (COD no. 5000088), indicating the presence of
a singular phase, and thus the high purity of the ZnS:Mn NPs, despite their small size.
The breadth of the peaks suggests the nanocrystalline nature of the samples [41]. The
crystal sizes were computationally determined through Rietveld refinements using MAUD
software (Materials Analysis Using Diffraction, Version 2.998), ranging between 1.1 and
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1.5 nm. The average crystalline size of these ZnS NPs was further estimated using the full
width at half maximum (FWHM) of the diffraction peaks and applying the Debye–Scherrer
formula [41,42]:

D =
kλ

βcosθ

where D is the average size of the particles, k is the particles’ shape factor (0.89), λ is the
X-ray wavelength (0.17889 nm), β is the FWHM of the diffraction peak, θ is the diffraction
Bragg angle. The calculated average crystalline sizes of ZnS:Mn (0.5%, 2.0%, 4.0%, and
10%) NPs ranged from 2.3 nm to 2.5 nm. This range aligns well with the average diameter
deduced from the TEM analysis (2.3 ± 0.5 nm), as shown in Figure 4. It is worth noting that
the Debye–Scherrer formula was used to calculate size, and the TEM statistical size was
slightly larger than the actual crystal size, which can be attributed to the 2θ measurement
boundary and other factors.
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Figure 1. XRD patterns of all the produced ZnS:Mn NPs.

Table 2 gathers the elemental compositions of ZnS:Mn nanoparticles deduced from
XRF analysis: the Mn content in the synthesized NPs increased from 0.002 to 0.168, while
increasing the theoretical molar concentration of Mn (Mn/(Mn + Zn)exp from 0.005 to 0.100,
although this does not match well with the expected molar concentration of Mn.

Table 2. Elemental composition XRF of all the produced ZnS: Mn NPs, deduced by XRF.

NPs Zn S Mn Mn/(Mn +
Zn)exp

Mn/(Mn +
Zn)XRF

ZnS:Mn
(0.5%)

mass (µg) 32.315 11.034 0.048
%mol 58.9 41.0 0.10 0.005 0.002

ZnS:Mn
(2.0%)

mass (µg) 46.842 14.838 0.668
%mol 60.1 38.8 1.1 0.020 0.018

ZnS:Mn
(4.0%)

mass (µg) 22.464 8.427 0.427
%mol 55.9 42.8 1.3 0.040 0.023

ZnS:Mn
(10%)

mass (µg) 8.336 3.5 1.420
%mol 48.6 41.6 9.8 0.100 0.168

The surface chemical composition of the NPs was examined through an XPS analysis.
The survey spectra of ZnS:Mn (0.5%, 2.0%, 4.0%, and 10%) NPs are displayed in Figure 2.
The binding energies for Zn 2p1/2 and Zn 2p3/2 were identified at 1045.8 eV and 1022.9 eV,
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respectively, confirming the presence of Zn solely in the Zn2+ state. The S 2p peak at
161.4 eV is characteristic of the S2− species [43,44]. Semi-quantitative XPS data revealed
atomic Zn/S ratios of 1:0.9, 1:1, 1:1, and 1:0.9 for the 0.5%, 2.0%, 4.0%, and 10% samples,
respectively, approximating the ideal 1:1 ratio for each sample. Peaks indicative of C and
O adventitious contaminations were also observed in all spectra. The slight deviation in
the Zn/S ratio to 0.9 might suggest the possible oxidation of the NPs. Nevertheless, the
O 1s peak at 532.0 eV is not indicative of O atoms in a ZnO crystalline system, as signals
from ZnO would manifest at 530 eV. Thus, the O 1s peak at 532 eV is likely attributable to
chemisorbed oxygen species [43].
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Figure 2. XPS survey spectra of ZnS:Mn (0.5%, 2.0%, 4.0% and 10%) NPs, the spectra were calibrated
by setting the main C 1s at 285 eV.

The high-resolution spectra of S 2p, Mn 2p, and Zn 2p elements are depicted in Figure 3.
The spin–orbit splitting peaks’ intensity ratio for S 2p3/2 and S 2p1/2 was approximately 2:1,
consistent with the presence of Zn2+ exclusively bonded to S atoms [45]. The asymmetric
spectra of S 2p for ZnS:Mn (10%) NPs could be deconvoluted into two components, each
with two peaks corresponding to S 2p3/2 and S 2p1/2. The binding energies at 158–159 eV
stemmed from S2− within the ZnS structure, while the subpeak around 160–161 eV might be
attributable to surface defects of S–S species in the ZnS shell layer, as previously reported
for ZnS nanorods [46]. Additionally, a less intense S 2p peak at 167.9 eV, indicative of
the oxidized SO4

2− form, was observed [47], suggesting the slight and negligible surface
oxidation of ZnS:Mn NPs. As the Mn content increased, the spectra became progressively
less noisy [48–50]. The Mn 2p3/2 peak, centered at approximately 642 eV, corresponded
to Mn2+ [51]. The binding energies for Zn 2p1/2 and Zn 2p3/2 were identified at 1045.8 eV
and 1022.9 eV, respectively, affirming Zn in the Zn2+ state. Semi-quantitative XPS data
presented atomic Mn/S ratios of 0.02:1, 0.03:1, 0.04:1, and 0.08:1 for the 0.5%, 2.0%, 4.0%,
and 10% samples, respectively, closely aligning with the ideal ratios for each sample.

Transmission electron microscopy (TEM) images, as shown in Figure 4, Figures S1 and S2,
displayed different molar concentrations of Mn-doped ZnS NPs. The TEM images provided
lattice information and confirmed the blende structure of crystallized ZnS:Mn (0.5%, 2.0%,
4.0%, and 10%). Statistical analysis of the NP size distribution indicated an average size
of approximately 2.3 ± 0.5 nm. Furthermore, an energy-dispersive X-ray (EDX) analysis
revealed the primary constituents of these NPs to be Mn, Zn, and S elements. Cu was
identified as a component of the grid, and Cr originated from the TEM machine, suggesting
the absence of impurities in the ZnS:Mn NPs.
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Figure 4. TEM image, size distribution and EDS of (a) 0.5% ZnS:Mn and (b) 10% ZnS:Mn. (2.0% and
4.0% Mn doped ZnS are shown in Figure S1).

The size and colloidal stability of the NPs were assessed using dynamic light scattering
(DLS) in BG11 and Seine River water across varying pH levels (Figures 5 and S3). Irre-
spective of the medium and pH, the NPs aggregated to varying extents. In BG11 (or fresh)
water at pH 2, all NPs formed smaller aggregates with colloidal sizes of around 340 nm for
ZnS:Mn (0.5%) and ZnS:Mn (4.0%) NPs, and 460 nm and 400 nm for ZnS:Mn (2.0%) and
ZnS:Mn (10%), respectively. In more basic conditions (pH 8), the colloidal size of almost all
samples exceeded 1000 nm, except for ZnS:Mn (4.0%) which remained below 340 nm. In
Seine River water, the colloids were relatively stable, exhibiting sizes between 340 nm and
530 nm across different pH levels, except for ZnS:Mn (4.0%) NPs, which formed aggregates
of 220 nm at pH 4 and larger than 2000 nm at pH 10. Overall, NP aggregate sizes were more
stable in BG11 under acidic conditions. In Seine River water, colloids maintained stability
(300 to 500 nm) regardless of the medium being acidic or alkaline, with the exception of
ZnS:Mn (4.0%) NPs, which tended to aggregate more readily when the pH varied from 6 to
8. Additionally, the size of ZnS:Mn (10%) NPs in Milli-Q water was 440 nm (at pH 6.89,
Figure S4). It is important to note that the pH of Chlorella vulgaris cultures in different water
systems ranges from 7.4 to 8.7.
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Figure 5. Size of ZnS:Mn (10%) NPs in (a) BG11 and (b) Seine River water: (0.5%, 2.0% and 4.0% Mn
doped ZnS NPs are shown in Figure S3).

Figure 6 and Figure S5 illustrate the zeta potential measurements of all produced NPs
in these two water systems across varying pH levels. It was noted that the zeta potential
values of the NPs in fresh water (BG11) and Seine River water were approximately or
greater than 20 in alkaline conditions (pH: 8 to 10), indicating the relative stability of the
NPs in alkaline media in both BG11 and Seine River water. In all aquatic environments,
NPs were negatively charged when pH ranged from 6 to 8. Furthermore, the zeta potential
value of ZnS:Mn (10%) NPs in Milli-Q water was recorded as −2.67, denoting instability
in pure water, while indicating relative stability in mildly acidic or alkaline environments.
Given that the zeta potential of algal cells is 8.82, nanoparticles and algae would likely
repel each other electrostatically, impeding the internalization of NPs by the cells [52,53].
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Figure 6. Zeta potential of ZnS:Mn (10%) NPs in different water systems: (0.5%, 2.0% and 4.0% Mn
doped ZnS NPs are shown in Figure S3).

Despite the tendency of NPs to aggregate in water across pH levels, dissolution is
possible. Hence, the dissolution of ZnS:Mn (10%) was monitored by ICP-AES. Figure 7
displays the concentrations of Mn2+ and Zn2+ in these two water systems after dissolving
ZnS:Mn (10%) NPs. Mn2+ dissolution was generally higher in Seine River water compared
to Milli-Q water. In Milli-Q water, peak Mn2+ dissolution occurred on the 2nd day, whereas
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it reached its zenith on the 5th day in Seine River water. Interestingly, Zn2+ dissolution
exhibited distinct behavior: in Seine River water and Milli-Q water, Zn2+ dissolution
persisted and intensified over time.

J. Xenobiot. 2024, 14, FOR PEER REVIEW 9 
 

 

ZnS:Mn (10%) NPs. Mn2+ dissolution was generally higher in Seine River water compared 

to Milli-Q water. In Milli-Q water, peak Mn2+ dissolution occurred on the 2nd day, 

whereas it reached its zenith on the 5th day in Seine River water. Interestingly, Zn2+ dis-

solution exhibited distinct behavior: in Seine River water and Milli-Q water, Zn2+ dissolu-

tion persisted and intensified over time. 

 

Figure 7. Dissolution of ZnS:Mn (10%) NPs in different water systems: monitoring of (a) Mn2+ and 

(b) Zn2+ concentrations in different water systems. 

3.2. Assessment of the Toxicity of ZnS:Mn Nanoparticles 

The toxicity of ZnS:Mn NPs to Chlorella vulgaris may be influenced by various factors, 

including composition, nanoparticle size, concentration, surface coating, and exposure 

duration. Unlike their bulk counterparts, nanomaterials like ZnS:Mn NPs have the poten-

tial to distinctively interact with living organisms due to their unique nanoscale proper-

ties. The exposure of C. vulgaris to nanoparticles can affect several biological processes, 

such as cellular uptake, oxidative stress, and alterations in biochemical pathways. These 

interactions may lead to consequences such as inhibited growth, reduced photosynthesis, 

lower cell viability, and altered metabolic functions. 

To discern whether toxicity originated from Mn2+ ions or the NPs themselves, 

Mn(CH3COO)2·4H2O salt, pure ZnS NPs, and ZnS:Mn NPs were introduced into two dif-

ferent culture media of C. vulgaris: BG11 and Seine River water (SRW). After one week, 

varying concentrations of NPs (20 mg L−1, 50 mg L−1, and 100 mg L−1) were administered 

to the aquatic media, with each medium represented in four culture flasks (three experi-

mental groups and one control group). Relative toxicity indicators, such as cell viability, 

superoxide dismutase (SOD) activity, and mitochondrial activity, were monitored for five 

consecutive days following exposure to the NP environment. This approach facilitated the 

evaluation of NP toxicity by comparison with the control group. 

3.2.1. Toxicity of ZnS NPs 

Figure 8 illustrates the viability of Chlorella vulgaris in different aqueous media when 

exposed to ZnS NPs. In both BG11 and SRW media, a notable decline in viability (about 

3%) was observed from the initial day of exposure, persisting until the test’s conclusion, 

relative to the control group. However, a recovery in viability was noted 48 h later at lower 

NP concentrations (20 mg L−1 and 50 mg L−1). In Seine River water, viability decreased 

during the initial days of testing at higher NP concentrations (50 mg L−1 and 100 mg L−1), 

with the exception of the fourth day. Moreover, algae exhibited a substantially reduced 

viability (below 40%) in SRW media, even in the control group, and this reduction may be 

attributed either to the media’s influence on cell membrane protein expression [54] or to 

the significant aggregation of ZnS NPs on the algal surface, potentially disrupting cellular 

membrane transport functions and consequently reducing the nutrient availability essen-

tial for algal growth. Thus, it can be inferred that ZnS NPs exert a weak toxic impact on C. 

Figure 7. Dissolution of ZnS:Mn (10%) NPs in different water systems: monitoring of (a) Mn2+ and
(b) Zn2+ concentrations in different water systems.

3.2. Assessment of the Toxicity of ZnS:Mn Nanoparticles

The toxicity of ZnS:Mn NPs to Chlorella vulgaris may be influenced by various factors,
including composition, nanoparticle size, concentration, surface coating, and exposure du-
ration. Unlike their bulk counterparts, nanomaterials like ZnS:Mn NPs have the potential
to distinctively interact with living organisms due to their unique nanoscale properties.
The exposure of C. vulgaris to nanoparticles can affect several biological processes, such as
cellular uptake, oxidative stress, and alterations in biochemical pathways. These interac-
tions may lead to consequences such as inhibited growth, reduced photosynthesis, lower
cell viability, and altered metabolic functions.

To discern whether toxicity originated from Mn2+ ions or the NPs themselves, Mn(CH3
COO)2·4H2O salt, pure ZnS NPs, and ZnS:Mn NPs were introduced into two different
culture media of C. vulgaris: BG11 and Seine River water (SRW). After one week, varying
concentrations of NPs (20 mg L−1, 50 mg L−1, and 100 mg L−1) were administered to the
aquatic media, with each medium represented in four culture flasks (three experimental
groups and one control group). Relative toxicity indicators, such as cell viability, superoxide
dismutase (SOD) activity, and mitochondrial activity, were monitored for five consecutive
days following exposure to the NP environment. This approach facilitated the evaluation
of NP toxicity by comparison with the control group.

3.2.1. Toxicity of ZnS NPs

Figure 8 illustrates the viability of Chlorella vulgaris in different aqueous media when
exposed to ZnS NPs. In both BG11 and SRW media, a notable decline in viability (about
3%) was observed from the initial day of exposure, persisting until the test’s conclusion,
relative to the control group. However, a recovery in viability was noted 48 h later at lower
NP concentrations (20 mg L−1 and 50 mg L−1). In Seine River water, viability decreased
during the initial days of testing at higher NP concentrations (50 mg L−1 and 100 mg L−1),
with the exception of the fourth day. Moreover, algae exhibited a substantially reduced
viability (below 40%) in SRW media, even in the control group, and this reduction may
be attributed either to the media’s influence on cell membrane protein expression [54]
or to the significant aggregation of ZnS NPs on the algal surface, potentially disrupting
cellular membrane transport functions and consequently reducing the nutrient availability
essential for algal growth. Thus, it can be inferred that ZnS NPs exert a weak toxic impact
on C. vulgaris, corroborating findings from previous studies [55,56]. As expected, higher
NP concentrations manifested greater toxicity compared to lower concentrations.
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Figure 8. Viability (survival) tests of Chlorella vulgaris in (a) BG11, (b) SRW culture media contacted
with pure ZnS NPs. Values represent mean ± standard deviation (n = 3). Differences among groups
are indicated by an asterisk (marginally significant, 0.05 < p ≤ 0.1) or double asterisk (significant,
p ≤ 0.05). Double asterisk indicates that the difference between groups is statistically significant.

3.2.2. Toxicity of Mn2+

The toxicity of Mn2+ was investigated by introducing Mn2+ solutions at concentrations
of 20 mg L−1, 50 mg L−1, and 100 mg L−1. Figure S6 depicts the state of Chlorella vulgaris
cultures in the presence of Mn2+ ions 96 h post-introduction. The cultures in Seine River
water containing Mn2+ ions exhibited a notably darker color compared to the control groups,
especially in the culture medium containing high concentrations of Mn2+ (100 mg L−1).

Figure 9 presents the viability of C. vulgaris: in BG11 media, viability was nearly
stable at Mn2+ concentrations up to 100 mg L−1. However, at 100 mg L−1 of Mn2+, a
significant reduction in viability was noted during the first four days of testing. In SRW
media, viability decreased variably, likely due to nutrient deficiencies, such as nitrates,
phosphates, or carbon sources (e.g., glucose), which are lacking in Seine River water [38].
As a result, the physiological condition of the algae deteriorated owing to nutrient scarcity,
making them more susceptible to the adverse conditions of the water or the potentially toxic
effects of Mn2+ ions. In contrast, algae in BG11 water, supplied with adequate nutrients,
exhibited a markedly different response. Thus, high concentrations of Mn2+ ions (e.g.,
100 mg L−1) were profoundly toxic to C. vulgaris across all culture media, with the toxicity
being particularly pronounced in SRW medium.
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3.2.3. Toxicity of ZnS:Mn (10%) NPs

The doping of nanoparticles with transition metal cations, such as manganese, can
alter their toxicity and interactions with living organisms compared to their undoped
counterparts. Specifically, a transition metal cation like Mn2+, not originally present in
the base nanoparticles, is incorporated into the crystal lattice during the synthesis process.
Consequently, the toxicity of ZnS:Mn (10%) NPs was evaluated (results detailing the toxicity
of ZnS:Mn (0.5%), ZnS:Mn (2.0%), and ZnS:Mn (4.0%) are illustrated in Figures S7–S12).

Figure 10 shows a significant decrease in Chlorella vulgaris viability immediately
following exposure to 100 mg L−1 of ZnS:Mn (10%) NPs in these aqueous media; the
viability was approximately 50% in BG11 and SRW. At a 50 mg L−1 NP concentration,
the viability in BG11 significantly decreased during the initial three days of testing before
gradually returning to normal levels [57]. At a concentration of 20 mg L−1, viability also
slightly declined, notably in BG11 from 3 h to 72 h. These observations lead to the conclusion
that a concentration of 100 mg L−1 of ZnS:Mn (10%) NPs poses a significant threat to the
survival of C. vulgaris, and even lower concentrations of these NPs manifest toxicity to C.
vulgaris in BG11. Interestingly, while viability decreased, photosynthetic activity did not
show a corresponding decline (as seen in Figure S13). This resilience might be attributed to
a protective mechanism involving carotenoids, a type of non-enzymatic antioxidants, which
possibly act as singlet oxygen quenchers, thus safeguarding photosynthetic machinery [58].
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Figure 10. Viability (survival) tests of Chlorella vulgaris in (a) BG11 and (b) SRW culture media
contacted with ZnS:Mn (10%) NPs. Values represent mean± standard deviation (n = 3). Differ-
ences among groups are indicated by an asterisk (marginally significant, 0.05 < p ≤ 0.1) or double
asterisk (significant, p ≤ 0.05). Double asterisk indicates that the difference between groups is
statistically significant.

The impact of NPs on the mitochondrial activity of algal cells was gauged through
the intracellular adenosine triphosphate (ATP) content, as depicted in Figure 11. In BG11,
ATP content experienced a decline after 24 h of exposure compared to the control group,
and this effect was more pronounced at a concentration of 50 mg L−1 after 72 h. While
mitochondrial activity significantly decreased post 3 h of exposure in SRW, the detrimental
impact on mitochondria persisted over an extended period. The reduction in ATP content
indicates a decrease in mitochondrial activity, signifying that ZnS:Mn NPs (10%) disrupted
the energy metabolism of the algae. Superoxide dismutase (SOD) activity, as shown in
Figure 11, exhibited a marginal increase in BG11 after 48 h, particularly at a concentration
of 100 mg L−1 of NPs. Moreover, SOD activity significantly rose in SRW after 24 h, and in
the group with 100 mg L−1 of NPs, the SOD activity has always been at a high level. These
observations suggest that NPs triggered the production of reactive oxygen species (ROS),
especially in SRW, impacting mitochondrial activity. This led to a notable reduction in ATP
production, which consequently influenced photosynthetic activity and cell viability.
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Thin-section TEM images, presented in Figures 12 and S14, showcase Chlorella vulgaris
cells with and without exposure to ZnS:Mn (10%) NPs. In the absence of NPs, the integrity
of the cell wall and the clarity of the cytoplasm are evident across all aqueous media.
Conversely, the presence of ZnS:Mn (10%) NPs resulted in noticeable damage to the cell
wall and/or cytoplasm. In BG11, dark, circular, and spherical NP aggregates are visibly
attached to the cell wall, with a pronounced separation between the cytoplasm and cell
wall. In SRW, smaller NPs were also observed within the cytoplasm, accompanied by the
breakdown of the cell wall. The images further reveal numerous aggregated NPs within
the algal cell, the disappearance of the cytoplasm, and the presence of NPs (circled in the
image) outside the algal cell. Although the precise mechanisms of algal cell NP uptake
remain unconfirmed, the following mechanisms are proposed: direct contact of NPs with
the cell membrane, leading to interactions with lipid molecule groups and subsequent pore
formation, and the internalization of NPs by cells through endocytosis [59]. Regardless of
the mechanism, NPs inside algal cells can cause the destruction of the cytoplasm and cell
wall, posing a lethal threat to the cells.

In this study, the synthesis of ZnS and ZnS:Mn NPs with Mn2+ concentrations ranging
from 0.5% to 10% was detailed. All synthesized particles exhibited uniform diameters. DLS
analysis revealed that these NPs tend to aggregate variably between pH 6 and 8, with the
degree of aggregation dependent on the specific aqueous medium. The NPs demonstrated
better dispersion in SRW compared to freshwater. Zeta potential measurements indicated
good stability in freshwater and Seine River water, although in all environments, the NPs
were negatively charged, posing challenges for internalization from the outset.
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NPs. Areas with red dotted lines mean that there are many NPs in the algal cell.

Focusing on particles with 10% Mn2+, an ICP-AES analysis indicated the substantial
dissolution of Mn2+ ions in Seine River water, whereas Zn2+ ions showed a higher disso-
lution rate in freshwater and Seine River water. Toxicity assays revealed that ZnS NPs
had a poor toxicity to Chlorella vulgaris across all water types. Observations based on the
color of solutions suggested that Mn2+ ions exhibited toxicity at 100 mg L−1 concentrations,
with a milder toxicity noted in Seine River water. Similarly, ZnS:Mn NPs demonstrated
pronounced toxicity at concentrations around 100 mg L−1, and a partial toxic effect on
Chlorella vulgaris may stem from ZnS:Mn NPs dissolving Mn2+ in the culture medium;
with some dissolved ions (presumably Zn2+ ions) potentially serving as nutrients in Seine
River water.

A marked reduction in ATP content was noted in freshwater and Seine River water,
indicating a significant disruption of algal energy metabolism by ZnS:Mn (10%) NPs.
However, a subsequent increase in ATP content in SRW media suggests that algae may
adapt to the medium and restore ATP production.

SOD content almost remained stable in freshwater, only slightly increased 48 h later,
and showed a significant increase in SRW media before stabilizing. This suggests that NPs
induced ROS production, impairing mitochondrial activity and consequently reducing
ATP production. This, in turn, affected photosynthetic activity and cell viability. However,
with the enhancement of the SOD activity in the algae cells, ROS productions are gradually
cleared, which alleviates the oxidative stress response in the algae cells. Subsequently, ATP
levels slowly recovered, and cell viability almost returns to normal levels after 96 h. The
growth of the algal community in the medium appears to be recovered.

Hence, ZnS:Mn NPs activate an antioxidant defense system within the algal cell, which
may not always successfully counteract these assaults. Subcellular organelle degradation,
as observed in TEM images, and oxidative stress are primary outcomes of NP toxicity.
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This toxicity can be ascribed to several factors including the size of the aggregates, their
composition, and their ion dissolution stability. Investigations on manganese salt indicate
that Mn2+ ions must reach very high concentrations before transitioning from a nutrient to
a toxin. Conversely, ZnS NPs were identified as having a poor toxicity. Additionally, the
natural organic matter present in aquatic environments may modulate NP toxicity due to its
heterogeneous composition and numerous functional groups [60], potentially altering NP
behavior in aquatic settings and mitigating the toxicity of ZnS:Mn NPs [61]. The interplay
between natural organic matter in natural water environments and the toxicity of ZnS:Mn
NPs warrants further exploration.

In conclusion, nanoparticles can be considered toxic to Chlorella vulgaris via an oxida-
tive stress mechanism. The high surface-to-volume ratio of NPs enables them to encircle
the algal cell, despite general aggregation, thereby reducing the nutrient exchange surface
of algal cells, in addition to facilitating NP internalization.

4. Conclusions

In this study, the synthesis of ZnS:Mn NPs (0.5%, 2%, 4%, and 10%) via the polyol
method was detailed. The NPs exhibited a zinc blende structure with relatively small
sizes, ranging from approximately 1.1 nm to 2 nm. When introduced into aqueous systems,
these NPs were prone to aggregation, potentially impacting nutrient uptake by Chlorella
vulgaris. Furthermore, these NPs influenced the SOD activity, ATP content, and viability
of C. vulgaris, and could even lead to algal cell death. Notably, in Seine River water, a
significant reduction in ATP content and an increase in SOD activity were observed. This
suggests that NPs can create an oxidative stress environment, affecting mitochondrial
activity and resulting in cell death. Additionally, in BG11 medium, the biological activity
of C. vulgaris was also affected, with a substantial decline in viability was observed at a
ZnS:Mn (10%) NP concentration of 100 mg L−1.

The potential toxicity of manufactured nanoparticles is multifaceted and is com-
pounded by the complexity and diversity of biological environments, which can result in
variable responses among algal cultures. Fortunately, C. vulgaris demonstrated consistent
behavior, allowing us to conclude that while the toxicity of manganese-doped ZnS nanopar-
ticles is evident, it is less severe than the toxicity induced by Mn2+ ion concentrations of
100 mg L−1. Consequently, the integration of these particles into miniaturized devices can
be considered with a degree of confidence.

Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/jox14020028/s1. Table S1: Preparation of stock solutions. Table S2:
Preparation of BG11 medium. Table S3: pH of the aqueous media containing various amounts
of ZnS:Mn (4.0%). Figure S1: TEM image, size distribution and EDS of (a) ZnS: Mn (2.0%) and
(b) ZnS:Mn (4.0%) NPs. Figure S2: TEM image (a) ZnS: Mn (0.5%) and (b) ZnS:Mn (10%) NPs.
Figure S3: Size of ZnS:Mn (0.5%, 2.0%, 4.0%) NPs, (a–c) in BG11 and (d–f) in SRW. Figure S4: Size of
ZnS:Mn (10%) NPs in Milli-Q water. Figure S5: Zeta potential of (a) ZnS:Mn (0.5%) NPs, (b) ZnS:Mn
(2.0%) NPs, and (c) ZnS:Mn (4.0%) NPs. Figure S6: Chlorella vulgaris in the presence of Mn2+.
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(0.5%) NPs. Figure S9: PAM and viability of ZnS:Mn (2.0%) NPs. Figure S10: ATP and SOD activity of
ZnS:Mn (2.0%) NPs. Figure S11: PAM and viability of ZnS:Mn (4.0%) NPs. Figure S12: ATP and SOD
activity of ZnS:Mn (4.0%) NPs. Figure S13: Photosynthetic activity of ZnS:Mn (10%) NPs. Figure S14:
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Abstract: Biochar (BC), also referred to as “black gold”, is a carbon heterogeneous material rich in
aromatic systems and minerals, preparable by the thermal decomposition of vegetable and animal
biomasses in controlled conditions and with clean technology. Due to its adsorption ability and
presence of persistent free radicals (PFRs), BC has demonstrated, among other uses, great potential in
the removal of environmental organic and inorganic xenobiotics. Bamboo is an evergreen perennial
flowering plant characterized by a short five-year growth period, fast harvesting, and large production
in many tropical and subtropical countries worldwide, thus representing an attractive, low-cost, eco-
friendly, and renewable bioresource for producing BC. Due to their large surface area and increased
porosity, the pyrolyzed derivatives of bamboo, including bamboo biochar (BBC) or activated BBC
(ABBC), are considered great bio-adsorbent materials for removing heavy metals, as well as organic
and inorganic contaminants from wastewater and soil, thus improving plant growth and production
yield. Nowadays, the increasing technological applications of BBC and ABBC also include their
employment as energy sources, to catalyze chemical reactions, to develop thermoelectrical devices, as
3D solar vapor-generation devices for water desalination, and as efficient photothermal-conversion
devices. Anyway, although it has great potential as an alternative biomass to wood to produce BC,
thus paving the way for new bio- and circular economy solutions, the study of bamboo-derived
biomasses is still in its infancy. In this context, the main scope of this review was to support
an increasing production of BBC and ABBC and to stimulate further studies about their possible
applications, thus enlarging the current knowledge about these materials and allowing their more
rational, safer, and optimized application. To this end, after having provided background concerning
BC, its production methods, and its main applications, we have reviewed and discussed the main
studies on BBC and ABBC and their applications reported in recent years.

Keywords: biochar (BC); pyrolysis; hydrothermal carbonization; bamboo biomass; bamboo-derived
BC (BBC); activated BBC (ABBC); environmental xenobiotics removal; circular economy solutions

1. Introduction: Biochar (BC)

According to the definition provided by the International Biochar Initiative (IBI),
biochar (BC) is “the solid material obtained from the thermochemical conversion of biomass
in an oxygen-limited environment” [1]. Practically, BC is the lightweight black residue made
mainly of carbon and ashes but also rich in aromatic systems and minerals produced by the
thermal decomposition of organic material biomass, including wood, manure, leaves, waste,
etc., under limited supply or in absence of oxygen (O2). Such a thermal decomposition
process is referred to as pyrolysis. The most commonly used pyrolysis temperature is
in the range of 400–600 ◦C [2], but a larger range of 200–1000 ◦C is reported [3]. When
the thermal decomposition temperature is over 1000 ◦C and up to1600 ◦C, the process is
named gasification. Pyrolysis comprises slow pyrolysis, fast pyrolysis, and flash pyrolysis,

J. Xenobiot. 2024, 14, 416–451. https://doi.org/10.3390/jox14010026 https://www.mdpi.com/journal/jox142



J. Xenobiot. 2024, 14

depending on the working temperature, the heating rate, and the residence time of the
organic matter at a fixed temperature [4]. Upon the pyrolysis of biomass, three types of
products with different physical states can form simultaneously in different concentrations.
The solid residue comprises BC, which could contain ash and soot, bio-oils represent
the liquid product, and the gaseous ones consist of syngas [4]. The relative yields of
such products depend mainly on the pyrolysis temperature and heating rate, as shown in
Figure 1.
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In conditions of slow pyrolysis (350–700 ◦C, heating rate < 10 ◦C/min), the major
compound is BC; bio-oils are instead the most abundant products in conditions of flash and
fast pyrolysis (400–600 ◦C, heating > 200 ◦C/min and 750–1000 ◦C, heating > 1000 ◦C/min,
respectively), and syngas becomes the major product when gasification conditions are
applied (800–1600 ◦C, heating 1000 ◦C/min) [5–9]. Syngas consists of a gas mixture
whose composition can vary significantly depending on the feedstock type and gasification
condition. However, typically, syngas is 30–60% carbon monoxide (CO), 25–30% hydrogen
(H2), 0–5% methane (CH4), and 5–15% carbon dioxide (CO2), plus a lesser or greater amount
of water vapor, smaller amounts of sulfur compounds such as hydrogen sulfide (H2S) and
carbonyl sulfide (COS), and finally, some ammonia and other trace contaminants [10]. As for
bio-oils, their production could be an appealing strategy for generating fuel from biomass,
allowing a reduction in the global dependence on fossil fuels to produce energy [11].
Bio-oil has a higher heating value when compared to its original feedstock, and when
burned, it can potentially generate a lower amount of greenhouse gas when compared
to fossil fuels [12]. Consequently, even if its most studied application is still as a burning
fuel, other applications are emerging due to its composition, as in the case of foams and
resins [13]. Moreover, the latter applications emphasize the potential of bio-oil as a source
of value-added chemicals [11].

The treatment of biomass at 200–300 ◦C heating at <50 ◦C/min is named torrefaction,
leading to a torrefied biomass with a high content of BC (69–80%), while hydrothermal
carbonization (HTC) in the presence of oxygen, carried out at 400–1000 ◦C and a very
low heating rate (<1 ◦C/min), leads to the obtainment of hydro char (HC) (50–70% BC),
also referred to as HTC material [3]. HC is a solid material distinct from BC due to its
production process and properties [14]. Typically, HC has higher H/C ratios and lower
aromatic systems than BC, as well as little or no fused aromatic ring structures. The
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pyrolytic process leading to BC echoes that which yields charcoal, which is the most ancient
industrial technology developed by humankind. Anyway, although very similar and of
analogous origin, while charcoal is used mainly as a fuel, the primary application of BC
was for soil amendment, aiming at improving soil characteristics and functions, as well
as at preventing the natural degradation of biomass to greenhouse gases by sequestrating
carbon, thus reducing gas emissions in the atmosphere and mitigating climate change [4].
As mentioned above, BC could contain other solids such as soot and ash. While soot is
a secondary pyrogenic carbonaceous material (PCM) identified as a separate component
resulting from gas condensation processes, ash typically includes inorganic oxides and
carbonates not containing organic carbon. Figure 2 shows the main possible thermal
treatment of biomass and the related main products of decomposition.
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An alternative method to produce BC consists of thermocatalytic depolymerization
(TCD), which utilizes microwaves. It has been used to efficiently convert organic matter to
BC on an industrial scale, producing ≈ 50% char [15,16].

2. What Can Biochar Do?

Biochar (BC) is a sustainable, cost-effective, eco-friendly material that is also endowed
with reusability, which is increasingly gaining the attention of many researchers [4]. In ad-
dition to other possible applications, simply by its production, BC allows for the reduction
of agricultural and other types of waste. According to Table 1, among the biomass waste
materials, crop residues from agriculture, forestry, municipal solid waste, and food and
animal manures have a high potential and are appropriate for BC production [17–22].
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Table 1. Main sources and general applications of BCs.

Source Biomass Ref. Application Refs.

Crop residue [23]

Carbon sequestration
Soil amendment

Composting
Wastewater treatment

Concrete additive
Adsorbing xenobiotics

Reducing greenhouse gas
emissions

Pollutant degradation
Catalysis

Stock fodder

[24]
[25]
[26]
[27]

[28,29]
[30]
[31]
[32]
[33]
[34]

Kitchen waste [35]
Forestry [36]

Agricultural waste [37]
Sugar beet tailings [38]

Forest residues [39]
Waste wood [40]

Bioenergy crops [41]
Municipal solid waste [42]

Wheat straw [43]
Rice straw [44]

Food manure [45]
Animal manure [46]

Corn cob [47]

BC possesses several properties, including large surface area, high porosity, presence
of functional groups, high cation exchange capacity (CEC), high water-holding capacity
(WHC), strong stability, etc., which make it suitable for various applications, as reported
and summarized in Table 1 [4]. Particularly, in the first column of Table 1 (source biomass),
we have reported the biomasses that are commonly used to produce BC along with related
references (column two), while in the third column (applications), the most common uses of
BCs, which can be derived from all biomasses reported in column one, have been included
along with related references (column four).

More specifically, Table 2 reports the environmental applications of BC and the related
mechanisms.

Table 2. Main environmental applications of BC and related mechanisms.

Application Mechanisms Refs.

Climate change mitigation
Sequestering carbon in soil, ⇓ CO2 emissions

⇓ NO2 emissions, ⇓ CH4 emissions
Tackling 12% of current anthropogenic carbon emissions

[31]

Soil improvement

⇑ Physicochemical and biological properties
⇑ Water retention capacity, ⇓ nutrient leaching

⇓ Acids, ⇑ microbial population and microbial activity
Positive impacts on earthworm population

Preventing desiccation

[25]

Waste management Simply by pyrolyzing waste biomass * [48]

Energy production By conversion of waste biomass to BC **, providing liquid fuel
(bio-oil) [49]

Capturing contaminants By adsorption of both organic xenobiotics and metal ions
present in soil and water [30,32]

Composting
⇑ Physicochemical properties of composting
⇑ Enhance composting microbial activities

⇑ Organic matter decomposition
[26,32]

* Including crop residues, forestry waste, animal manure, food processing waste, paper mill waste, municipal solid
waste, and sewage sludge; ** mainly by fast pyrolysis; ⇓ low, lower, reduced, minor; ⇑ high, higher, increased, major.

By using BC, it is possible to fight global warming by reducing greenhouse gas emis-
sions, such as CO2, NO2, and CH4, and sequestering carbon [31]. Interestingly, BC has
been estimated to be capable of tackling 12% of the current anthropogenic carbon emis-
sions [4]. Concurrently, the process of pyrolysis manages to balance fossil fuel consumption
by producing clean and renewable energy (bioenergy) [49]. Due to its high content of
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carbon, BC can work as a soil conditioner, mainly by improving the physicochemical and
biological properties of soils, increasing its WHC by ~18%, reducing nutrient leaching, and
neutralizing acidic soils, thus enhancing plant productivity, seed germination, plant growth,
and crop yields [25]. Especially when wet BC is applied, soil desiccation is prevented [4].
In some BC systems, all these objectives can be met, while in others, a combination of two
or more objectives will be obtained. Interestingly, BC has been used in animal feed for
centuries. Doug Pow, a Western Australian farmer, who won the Australian Government
Innovation in Agriculture Land Management Award at the 2019 Western Australian Land-
care Awards for his studies and innovations, explored the use of BC mixed with molasses
as stock fodder for ruminants [50]. The study demonstrated that BC-assisted digestion was
improved, and methane production was reduced. On-farm evidence indicated that the
fodder led to improvements of liveweight gain in Angus-cross cattle [50]. Additionally, the
production of BC by solid waste can help in solving the problem of waste management [48].
The production of the cement known as ordinary Portland cement (OPC), which is an essen-
tial component of concrete mix, is energy- and emissions-intensive and accounts for around
8% of global CO2 emissions. To limit this issue, the concrete industry has increasingly
moved toward the use of supplementary cementitious materials (SCMs) and additives to
both reduce the volume of OPC in the concrete mix and maintain or improve concrete prop-
erties [51–53]. BC has been shown to be an effective SCM, reducing concrete production
emissions while maintaining the required strength and ductility properties [28,29]. Studies
have been carried out demonstrating that a 1–2% wt. concentration of BC is excellent for
use in concrete mixes, both in terms of low cost and good strength [28]. Moreover, the
addition of a 2% wt. BC solution in the concrete mix resulted in an increased concrete
flexural strength by 15% in a three-point bending test conducted after 7 days, compared to
the traditional OPC-based concrete [29]. BC-based concrete also showed higher tempera-
ture resistance and reduced permeability [28]. Compared to other SCMs from industrial
waste streams (such as fly ash and silica fume), BC also demonstrated decreased toxicity.
Additionally, BC has been demonstrated to be capable of catalyzing chemical reactions and
removing hazardous organic and inorganic pollutants from water soil and atmosphere,
including antibiotics, thus reducing the emergence of microbial resistance [4]. Batch and
column sorption experiments have shown that certain types of BCs have good sorption
performance for heavy metals, dyes, or phosphate from aqueous solution and are being in-
vestigated as cost-effective, promising, and eco-friendly alternative materials for producing
adsorbent materials [54–60].

2.1. BC as Climate and Soil Improver

As mentioned above, by its carbon sequestration action, BC performs climate remediation.
The refractory stability of BC leads to the concept of pyrogenic carbon capture and stor-

age (PyCCS) [61], or rather, the sequestration of carbon in the form of BC [16]. Due to this
potential, BC may be a means of mitigating climate change [62,63]. Due to its alkalinity, BC
can increase the soil fertility of acidic soils and improve agricultural productivity [4]. When
used for soil application, BC has been demonstrated to improve soil nutrient availability,
aeration in soil, and soil water filtration. A large body of peer-reviewed literature exists
assessing and describing the crop yield benefits of BC-amended soil [25]. Several field trials
using BC conducted in the tropics have shown positive results on crop yields when BC was
applied to field soils, and nutrients were managed appropriately. The most well-known
example of the beneficial action of BC application to soil is the fertile Terra Preta soils in
Brazil, but Japan also has a long tradition of using charcoal in soil [64,65]. Such a tradition
is being revived and has been exported over the past 20 years to countries such as Costa
Rica. The Brazilian and Japanese traditions together provide long-term evidence of positive
BC impact on soils. Figure 3 summarizes the ways by which BC can improve soil quality.
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Particularly, BC stimulates the activity of a variety of agriculturally important soil
microorganisms by providing them with a suitable habitat and by protecting them from
predation and drying while addressing many of their diverse carbon (C), energy, and
mineral nutrient needs [66]. BC reduces soil acidity by means of the negative charges
present on its surface and attracts and holds soil nutrients by the same mechanism [66].
BC has a high CEC, by which it retains positively charged ions, such as calcium (Ca2+),
potassium (K+), and magnesium (Mg2+), thus improving soil fertility and exchanging them
with plant roots. BC mineralizes in soils much more slowly than its uncharred precursor
material (feedstock). Moreover, although most BC has a small labile (easily decomposed)
fraction of carbon, typically a much larger recalcitrant (stable) fraction composes it [25].
Scientists have shown that the mean residence time (the estimated amount of time that
biochar carbon will persist in soils) of this recalcitrant fraction ranges from decades to
millennia [25].

The long persistence of BC when incorporated into soils is of paramount importance
because it determines how long BC can provide benefits to soil and water quality.

Critical Considerations

While the larger questions concerning overall BC benefits to soils and climate have
received affirmative responses, significant questions remain to be answered, including the
need for a better understanding of some of the details of BC production and characterization.
Although BC is widely viewed as an environmentally positive material for soil, it is crucial to
also take into account the potential adverse effects of BC, including disturbing soil pH levels
or introducing harmful chemical characteristics that cause problems at the micro dimensions.
Therefore, caution should be exercised when considering the extensive application of BC, as
the research exploring its positive and negative effects is currently ongoing.

Dust is certainly a concern associated with BC application, but best practices require
that BC application be done during periods of low wind to prevent the blowing of fine
particulates. Agricultural techniques already exist for applying powdered fertilizers and
other amendments. Several techniques are available to help keep wind losses to a mini-
mum, including that BC can be pelleted, prilled, mixed into a slurry with water or other
liquids, mixed with manure and/or compost, or banded in rows. The optimization of BC
application to soil is important, and the farm technology and methods are available to do
the job.
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2.2. Xenobiotics Removal by Biochar (BC)

BC is a material possessing a large surface area and high porosity based on the con-
ditions of the pyrolysis process and the physicochemical characteristics of the original
biomass [4] that allow it to interact with beneficial molecules, including water and water
nutrients, as well as hazardous inorganic metal cations and organic pollutants [4]. Due
to its enriched porous structure, high surface area, functional groups, and the possibility
of interlacing π–π interactions and mineral components, BC is an excellent material for
absorbing solutes from aqueous and organic solutions. Moreover, its naturally acquired
adsorption capacity (3.6–6.3 g/g for BC prepared at a temperature range of 300–700 ◦C) [67]
can further be enhanced by modifying its physicochemical properties through acid, alkali,
or oxidizing treatments, and its surface area can be improved using acid treatments [68–70].
BC can absorb inorganic and organic contaminants, such as polycyclic aromatic hydrocar-
bons (PAHs), phenols and phthalate derivatives, and antibiotics and other drugs, and can
aid in improving the treatment of sewage wastewater containing organic contaminants [71].
Table 3 reports the main mechanisms by which BC captures inorganic or organic pollutants.

Table 3. Main mechanisms by which BC can capture inorganic or organic contaminants (reproduced
by our recent paper [4]).

Catching Mechanism Influencing Factors #, Details ◦, Examples § Ref.

Adsorption *
⇑ Surface area #

Microporosity of BC #

pH #

[71]

Hydrogen bond formation ** For polar compounds ◦ ,**

Electrostatic attraction/repulsion
For cationic compounds ◦

Interaction between positively charged cationic organic
contaminants and negatively charged BC surfaces ◦ ,**

Electrostatic outer sphere
complexation Due to metallic exchange with K+ and Na+ available in BC ◦ ,**

Hydrophobic interactions *** For non-polar compounds ◦

Diffusion Non-ionic compounds can diffuse into the
non-carbonized and carbonized fractions of BC ◦

Formation of surface complexes **
pH #

Ionic radius #

Between metal cations and -OH, -COOH on BCs ◦

Precipitation
Lead precipitates as lead-phosphate-silicate in BC §

Co-precipitates and inner-sphere complexes can form between
metals and organic matter/mineral oxides of BC §

* From water/soil onto biochar; ** for BCs produced at relatively lower temperatures; *** for BCs produced at
higher temperatures; ⇑ = high, higher, improved, enhanced.

BCs produced at higher temperatures exhibited higher adsorption capacity in the
remediation of both organic contaminants and metal cations from soil and water, due to
their higher porosity and surface area. Additionally, the adsorption capacity of organic
pollutants by BC is superior to that of inorganic ones, which strongly depends on the ionic
radius of metals.

Xenobiotics Removal by Degradative Oxidation

The mechanism recognized for years by which BC removes toxic heavy metals and
organic xenobiotics from wastewater and contaminated soil is adsorption, whose efficiency
mainly depends on the type and number of functional groups, surface area, CEC, etc.
Nevertheless, more research studies have evidenced on the surface or inside the BC par-
ticles the presence of free radicals, known as permanent free radicals (PFRs) due to their
very long lifetime, which may be generated during the pyrolysis of biomass [72]. PFRs
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can exist in the air for months or even years. PFR lifetime depends mainly on the type
of PFR, their possible complexation with metals or metal oxides, and their carbonaceous
structure, as well as their concentration [72]. As recently reported, PFRs’ nature depends
strongly on pyrolysis conditions, while their formation and characteristics differ based on
feedstock types [4]. PFRs are classified into three categories, including oxygen-centered
PFRs (OCPFRs), carbon-centered PFRs (CCPFRs), and oxygenated carbon-centered radi-
cals (CCPFRs-O) [4], including, in turn, semiquinone radicals (oxygen-centered), phenoxy
radicals (oxygenated carbon-centered radicals), and cyclopentadienyls (carbon-centered
radicals) [4]. Several recent studies have mainly investigated the possible contribution of
BC-bound PFRs in the removal of several organic xenobiotics through oxidative degrada-
tion by electron transfer-dependent production of reactive oxygen species (ROS) [73–83].
The degradation of hazardous cations, including As (III) and Cr (VI), by PFRs via electron
transfer has also been extensively reported [84–88], as well as that of biological samples,
including hormones and extracellular DNA (eDNA) [89–93]. Odinga et al. reviewed the
application of BC-derived PFRs in the remediation of several environmental pollutants [94],
while Fang et al. explored the reactivity of PFRs in BC and their catalytic ability to activate
persulfate to degrade pollutants [95]. On the other hand, Odinga et al. also considered and
commented on the possible ROS-mediated environmental risks of PFRs from BCs, mainly
associated with the generation of oxidative stress, which represent the shadows associated
with these chemicals and indicate they need further study, more knowledge, and regulation
before their extensive application [94].

3. Bamboo-Derived Biochar (BBC)

To date, the types of biomasses used to prepare BC and involved in the investigation
of BC-bound PFRs mainly include lignocellulosic biomasses, such as pine needles, wheat
straw, lignin, waste wood, cow manure, rice husk, and maize straw [23,35–47]. Lignocel-
lulosic biomasses are made of hemicellulose, cellulose, and lignin. Despite the fact that
bamboo may be a starting material almost perfect for synthesizing BC (BBC) and activated
BBC (ABBC) due to its low cost, high biomass yield, and significantly accelerated growth
rate, few researchers and scientists have used bamboo as a source for developing BC, as
established by the number of publications on bamboo-derived BCs from the year 2013 until
now (351) vs. those on BCs derived from different sources (14560) (Figure 4).
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Among the 351 papers on BBC, the majority concerned its adsorption activity (128),
followed by its degradation capacity (96), while fewer were studies on its possible toxic
action (29) (Figure 5).
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Figure 5. Number of papers on BBCs, as well as on BBC absorption, degradation and toxic properties,
published from the year 2013 until now, according to the PubMed dataset. The survey was carried
out using the keywords bamboo biochar (pink line); bamboo biochar AND adsorption (purple line);
bamboo biochar AND degradation (light blue line); bamboo biochar AND toxicity (light green line).

To support and sustain further research on BBCs, the possible associated PFRs, and
its possible applications, the following sections of this paper first review the general
characteristics of bamboo biomass and the main reported characteristics of BBCs. Secondly,
the current applications of BBCs and the PFR-mediated applications of BBCs are reported
and discussed.

3.1. The Use of Bamboo Biomass to Prepare BC: A Plethora of Advantages over Wood

Bamboo is a woody grass belonging to the Poaceae family, extensively occurring both
in forests and in rural areas, as well as in farmlands and riverbanks [96]. Bamboo, due
to its growth form, acts as a natural environmental shield and has been used as food and
to construct tools and musical instruments. Moreover, bamboo has been exploited as a
construction material, as an alternative to wood fuel, as a substitute for wood, and even
as a substitute for non-wood forest products [96]. Due to its strength and durability, the
latter applications of bamboo are typical in those world areas where the supply of wood
no longer manages to meet the demand [97]. Anyway, only in recent years the interest in
agricultural bamboo has exploded in Africa, North America, and even Europe. Collectively,
as a regenerative agriculture and as a renewable source of energy, bamboo represents a
wonder crop for producing BC. It has minimal nutrient needs, it is relatively quick to get
established, and once established, it grows with unmatched vigor, using its tenacious roots
to raise the water table and curb erosion [96]. Due to these characteristics and mainly thanks
to its fast growth with respect to woody plants, bamboo is an optimal source of BC, more
efficient and eco-friendlier than wood [97]. Bamboo is capable of proliferating without the
necessity of following stringent rules for growing, harvesting, propagating and cutting [98].
Bamboo can tolerate a wide range of temperatures (−28–38 ◦C), is able to efficiently exploit
water and soil at its disposition, and does not need fertilizers or pesticides. It is known that
the possible amount of carbon content in BC deriving from a certain plant depends directly
on its metabolic activity (photosynthesis), through which it ingests CO2 and releases oxygen
(>30%) back into the atmosphere, thus reducing global warming. In this regard, due to
its unequaled growth rate, bamboo yields more biomass and captures more atmospheric
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carbon per hectare than anything, thus removing more carbon from the sky and adding
it to the soil. Although the usefulness of bamboo as an absorbent is not very well known,
that which is cultivated in tropical and subtropical regions worldwide can be used as a
renewable feedstock, as already occurs in many countries, especially in Asia (China, India,
and Thailand), Central America (Costa Rica, Mexico, and Honduras), and South America
(Peru, Ecuador, and Colombia) [99–105]. It has been reported that bamboo plantations can
store four times more carbon than timber forests and that they are therefore considered as a
potential alternative as a durable carbon stock [106]. Bamboo, like wood, is a promising
natural template for biobased devices that take advantage of its hierarchical architecture,
microarray channels, and anisotropic mechanical and electrical properties [107]. Bamboo
charcoal has been recognized as a cost-effective and environmentally friendly regenerative
physio-sorbing material for carbon capture [108]. Additionally, BBC, being a growing
porous carbonous material with high surface area, has been used for biomass fuel, carbon
capture, and containment adsorption [109]. Through pyrolysis, up to 50% of the carbon can
be transferred from plant tissue to the BC, with the remaining 50% used to produce energy
and fuels [110]. However, bamboo-derived biochar has not been comprehensively reported
despite its good CO2 uptake [111]. Compared to wood composition, the lamellation of
bamboo fiber has different fibrillar orientations surrounded by alternating narrow and
broad layers [112]. The secondary cell wall is mainly made up of cellulose and lignin, with
covalent linkage binding lignin phenolic acids to polysaccharide materials [112]. Bamboo culms
grow and mature in a very short period of time, which can enable a continuous supply of fiber,
giving it an advantage over trees. Bamboo’s mechanical and thermal properties increase its
competitiveness against other forms of woody biomasses [113]. For various reasons, bamboo
is a superior option to other wood planks to prepare BC, including strength, environmental
friendliness, water resistance, cost, soil protection, and contribution to air quality. These benefits
were the driving force behind several uses for this material, including blood purification,
electromagnetic wave absorbers, and water purifiers. These benefits are influenced by the
activation and carbonization procedures used to make bamboo charcoal. Green bamboo wood
is roasted to a constant temperature to create activated charcoal when charcoal is exposed to
oxygen by using the pyrolysis method.

3.2. Composition of Bamboo

The anatomical and chemical components of a plant, especially the plant cell wall
thickness and the lignin content, are correlated with its physical and mechanical properties,
which can be improved by saturated steam heat treatments [114,115], in turn influencing
the characteristics of the derived BC [116,117]. In sight of having to use bamboo to produce
BBC with several possible applications, it is important to have more information about
bamboo chemical components.

3.2.1. Chemical Composition of Bamboo

Table 4 summarizes the main constituents of bamboo.
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The cellulose content in bamboo stem is in the range of 40–60%, while bamboo
hemicellulose (25%) is composed of more than 90% xylan (4-O-acetyl-4-O-methyl-D-
glucuronoxylan, shown in Table 4), a linear short-chain polymer with a polymerization
degree of 200 [116]. Xylans constitute 25% of the bamboo cell wall, which is classified be-
tween hardwood and softwood, thus being endowed with a very particular structure [120].
Lignin (20%) occurs in the compound middle lamella as well as in the primary wall struc-
ture [123]. Lignin is considered a set of correlated materials responsible for transferring
the stress between fibers, which promotes traction resistance, flexibility, and rigidity to the
stem longitudinal section, being a supporting element. Lignin exhibits a high molecular
weight and is the second most abundant component in bamboo, emerging from several
stages of lignification that are related to the plant age. However, bamboo reaches a final
height between 3 and 6 months during its growth process. While the process of lignification
occurs in the longitudinal direction (in the top-down direction on bamboo length) in the
internodes, it occurs in the transversal direction in the inner layer of the region closest
to the bark, thus completing the whole process of the growth stage. The lignin and car-
bohydrate proportion varies during the maturation process and tends to stabilize when
the plant is about 1 year old [120]. Secondary elements in bamboo chemical composition
are represented by extractives, ash, waxes, resins, and silica. The compounds known as
extractives consist of aromatic organic compounds, including fatty acids, terpenes (essential
oils), flavonoids, and steroids, that are distributed in the leaf, shell, stem, and other parts of
the plant but do not constitute the cell wall. The variation of these secondary components
is related to the plant species, age, season, and weather conditions, as well as to the soil
nutrient availability and diversity and the presence of water [120,122,124]. Collectively, the
content of cellulose, hemicellulose, and lignin in bamboo is similar to that of wood, while
the extractives, ashes, and silica contents are higher. The soluble substances (resins, fatty
acids, essential oil, tannins, etc.), ashes (inorganic substances such as potassium, calcium,
silicon, and magnesium), and lignin (a polymer responsible for the plant elasticity and
resistance properties) contents in nodes are lower than in the internodes. For the cellulose
content, the opposite occurs [120,121].

3.2.2. Elemental Composition of Bamboo

The elemental composition of a material relates to the average contents of carbon (C),
hydrogen (H), nitrogen (N), and oxygen (O), and the H/C and O/C ratios of different
bamboo and other lignocellulosic species are given in Table 5.

Table 5. Elemental composition of bamboo, wood, and other materials.

Biomass C H N O H/C O/C Sources

Bambusa vulgaris 49.60 6.10 0.40 44.00 0.12 0.89 [125]
Bambusa vulgaris 46.80 6.38 0.22 46.60 0.14 0.99 [126]

Dendrocalamus giganteus 44.26 5.48 0.46 42.66 0.12 0.96 [127]
Dendrocalamus latiflorus 44.22 6.10 0.07 45.63 0.14 1.03 [128]

Phyllostachys makinoi 43.90 6.06 0.06 41.47 0.14 0.94 [128]
Phyllostachys pubescens 45.25 5.71 0.08 43.89 0.13 0.97 [128]

Wood * 45.68 6.30 0.30 47.42 0.14 1.04 [129]
Forest residue 51.40 6.00 0.50 40.00 0.12 0.78 [129]

Pine 47.79 5.80 0.10 45.31 0.12 0.95 [129]
Rice husk 47.30 6.10 0.90 45.70 0.13 0.97 [125]

Sugar cane bagasse 48.10 5.90 0.50 45.50 0.12 0.95 [125]
Jatropha bark 50.80 6.50 1.50 41.30 0.13 0.81 [125]

Elephant grass 49.20 6.10 1.10 43.60 0.12 0.89 [125]

C = carbon; H = hydrogen; N = nitrogen; O = oxygen; * Average values for different species.

The biomasses reported in Table 5 show very similar H/C ratios (from 0.12 to 0.14),
indicating that they are highly carbonized. Otherwise, the average O/C ratio of bamboo
species (0.96) is lower than the O/C ratio of wood biomass (1.04), indicating a higher
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hydrophobicity on their surfaces, which makes bamboo biomass more stable against degra-
dation than wood-based biomass. The average oxygen content of the bamboo species
(44.04%) is lower than that of wood (47.42%), thus indicating a lower reactivity. Neverthe-
less, the presence of a high content of oxygen could decrease the energy density as well as
the miscibility in hydrocarbon fuels. The biomass nitrogen content ranged from 0.1 to 12%,
and the bamboo species had very low nitrogen content that ranged from 0.06 to 0.46%. The
lowest content of nitrogen is important for environmental protection since NOx production,
when burning the material, promotes environmental damage.

3.3. Bamboo-Derived Biochar (BBC)

In the last few years, researchers and scientists have used bamboo biomass from
different species as a source for developing BC. Bamboo species like Dendrocalamus gi-
ganteus, Dendrocalamus latiforus Munro, Dendrocalamus asper, Phyllostachys pubescens Mazel,
Phyllostachys edulis, Phyllostachys virdiglaucesons, Moso bamboo, and others have been car-
bonized in different conditions and in several cases chemically activated to obtain activated
bamboo biochar (ABBC), which demonstrated different characteristics and properties and
was studied for different applications. Table 6 summarizes useful information on the
preparation of these materials and their possible uses.

155



J. Xenobiot. 2024, 14

Ta
bl

e
6.

BB
C

s
an

d
ac

ti
va

te
d

BB
C

s
(A

BB
C

s)
de

ve
lo

pe
d

in
re

ce
nt

ye
ar

s
an

d
th

ei
r

ap
pl

ic
at

io
ns

.

B
am

bo
o

B
io

m
as

s
Py

ro
ly

si
s

C
on

di
ti

on
s

R
ea

ct
or

C
ha

r
(%

)
O

th
er

(%
)

C
ha

ra
ct

er
is

ti
cs

A
pp

li
ca

ti
on

s
R

ef
s.

D
en

dr
oc

al
am

us
gi

ga
nt

eu
s

30
0
◦ C

Sl
ow

py
ro

ly
si

s
Fi

xe
d

ba
d

ty
pe

BC
80

%
##

O
il

35
%

$
G

as
40

%
@

⇑
Po

ro
si

ty
⇑

C
ar

bo
n

co
nc

en
tr

at
io

n
A

s
A

C
af

te
r

ch
em

ic
al

/p
hy

si
ca

l
m

od
ifi

ca
ti

on
Si

m
ila

r
to

w
oo

d
bi

oc
ha

r
En

er
gy

so
ur

ce
So

il
am

el
io

ra
nt

[1
27

]

20
0–

10
00

◦ C
Tu

be
fu

rn
ac

e
(M

TI
)

N
.R

.

70
0
◦ C

⇑
R

es
is

ti
vi

ty
⇑

T
he

rm
al

co
nd

uc
ti

vi
ty

⇑
T

he
rm

al
he

at
in

g
ra

te
A

s
a

3D
m

ic
ro

flu
id

ic
he

at
er

[1
30

]

10
00

◦ C
⇑

El
ec

tr
ic

co
nd

uc
ti

vi
ty

A
s

w
or

ki
ng

el
ec

tr
od

e

Ph
yl

lo
st

ac
hy

ed
ul

is
N

.R
.

N
.R

.
N

.R
.

A
g-

ca
rb

on
el

ec
tr

od
es

fo
r

en
er

gy
de

vi
ce

ap
pl

ic
at

io
ns

[1
31

]

Ba
m

bo
o

w
as

te
K

H
C

O
3

40
0
◦ C

/3
h

M
uf

fle
fu

rn
ac

e
N

.R
.

Ex
ce

lle
nt

el
ec

tr
oc

he
m

ic
al

pe
rf

or
m

an
ce

as
su

pe
rc

ap
ac

it
or

el
ec

tr
od

e
m

at
er

ia
ls

[1
32

]

Ba
m

bo
o

ch
op

st
ic

ks
80

0
◦ C

/2
h

(a
lk

al
i)

N
.R

.
N

.R
.

Su
st

ai
na

bl
e

an
od

es
fo

r
Li

-i
on

ba
tt

er
ie

s
[1

33
]

Ba
m

bo
o

po
w

de
r

w
as

te
(a

lk
al

i-
ac

ti
va

te
d)

10
00

◦ C
/1

5
m

in
Tu

be
fu

rn
ac

e
N

.R
.

Su
st

ai
na

bl
e

an
od

es
fo

r
N

a-
io

n
ba

tt
er

ie
s

[1
34

]

D
en

dr
oc

al
am

us
as

pe
r

40
0

70
0

80
0

90
0
◦ C

N
.R

.
N

.R
.

N
.R

.
[1

35
]

Ph
yl

lo
st

ac
hy

s
pu

be
sc

en
s

M
az

el
90

0
◦ C

Tu
be

fu
rn

ac
e

N
.R

.
BC

T-
de

ri
ve

d
ai

r
ca

th
od

e
fo

r
m

ic
ro

bi
al

fu
el

ce
lls

[1
36

]

Ph
yl

lo
st

ac
hy

s
ed

ul
is

35
0
◦ C

/6
0

m
in

50
0
◦ C

/4
0

m
in

90
0
◦ C

/2
40

m
in

N
.R

.
N

.R
.

3D
so

la
r

va
po

r-
ge

ne
ra

ti
on

de
vi

ce
fo

r
w

at
er

de
sa

lin
at

io
n

[1
37

]

Lo
ca

ld
ef

ol
ia

te
d

ba
m

bo
o

Su
rf

ac
e-

ca
rb

on
iz

ed
N

.R
.

N
.R

.
Ef

fic
ie

nt
ph

ot
ot

he
rm

al
-c

on
ve

rs
io

n
de

vi
ce

s
[1

38
]

A
gr

ic
ul

tu
ra

lb
y-

pr
od

uc
t

(B
SS

)d
(D

.l
at

ifo
ru

s
M

un
ro

)
30

0
◦ C

to
50

0
◦ C

Tu
bu

la
r

fu
rn

ac
e

48
%

A
s

A
C

w
he

n
ch

em
ic

al
ly

/p
hy

si
ca

lly
m

od
ifi

ed
so

il
am

el
io

ra
nt

⇑
Po

ro
si

ty
⇑

C
ar

bo
n

co
nc

en
tr

at
io

n

[1
39

]

156



J. Xenobiot. 2024, 14

Ta
bl

e
6.

C
on

t.

B
am

bo
o

B
io

m
as

s
Py

ro
ly

si
s

C
on

di
ti

on
s

R
ea

ct
or

C
ha

r
(%

)
O

th
er

(%
)

C
ha

ra
ct

er
is

ti
cs

A
pp

li
ca

ti
on

s
R

ef
s.

D
ry

ba
m

bo
o

st
al

ks
40

0
◦ C

to
60

0
◦ C

Sl
ow

py
ro

ly
si

s
M

uf
fle

fu
rn

ac
e

32
%

to
27

%
In

pl
ac

e
of

in
du

st
ri

al
ly

pr
od

uc
ed

A
C

⇑
Po

ro
si

ty
⇑

C
ar

bo
n

co
nc

en
tr

at
io

n
[1

13
]

Ba
m

bo
o

w
as

te
50

0
◦ C

Fa
br

ic
at

ed
cl

os
e

ta
nk

N
.R

.
⇑

So
il

fe
rt

ili
ty

an
d

cr
op

gr
ow

th
[1

40
]

Ba
m

bo
o

ti
ck

(P
.p

ra
ec

ox
)

70
0
◦ C

/4
h

C
lo

se
d

co
nt

ai
ne

r
N

.R
.

⇑
So

il
ac

id
ifi

ca
ti

on
⇑

So
il

C
an

d
nu

tr
ie

nt
re

te
nt

io
n

⇑
M

ic
ro

bi
al

co
m

m
un

it
y

ab
un

da
nc

e
⇓

C
O

2

[1
41

]

Ba
m

bo
o

50
0
◦ C

N
.R

.
N

.R
.

⇓
N

O
2

em
is

si
on

s
in

th
er

m
op

hi
lic

ph
as

e
of

co
m

po
st

in
g

⇑
no

sZ
-c

ar
ry

in
g

de
ni

tr
if

yi
ng

ba
ct

er
ia

[1
42

]

C
om

m
er

ci
al

BB
C

N
.R

.
N

.R
.

N
.R

.

⇑
H

um
id

ifi
ca

ti
on

du
ri

ng
pi

g
m

an
ur

e
co

m
po

st
in

g
⇑

H
um

ic
ac

id
(H

A
)

⇑
H

A
/F

ul
vi

c
ac

id
(F

A
)r

at
io

⇑
Ba

ct
er

ia
tr

an
sf

or
m

in
g

or
ga

ni
c

m
at

te
r

[1
43

]

R
es

id
ua

lb
am

bo
o

bi
om

as
s

45
0–

55
0
◦ C

N
.R

.
N

.R
.

So
il

am
en

dm
en

t
[1

44
]

Ba
m

bo
o

w
as

te
N

.R
.

N
.R

.
N

.R
.

Im
pr

ov
in

g
yi

el
d

of
pa

kc
ho

y
pl

an
t

[1
45

]

Ba
m

bo
o

fe
ed

st
oc

k
30

0–
60

0
◦ C

Fu
rn

ac
e

ap
pa

ra
tu

s
N

.R
.

⇑
To

m
at

o
pl

an
tg

ro
w

th
⇑

Fr
ui

tq
ua

lit
y

[1
46

]

Ba
m

bo
o

st
em

s
(c

ul
m

s)
a

40
0
◦ C

/3
0

m
in

Se
al

ed
m

et
al

lic
ki

ln
N

.R
.

⇑
Ph

ys
ic

oc
he

m
ic

al
pr

op
er

ti
es

of
SL

,S
iL

⇑
To

m
at

o
pr

od
uc

ti
vi

ty
[1

47
]

N
.R

.
50

0
◦ C

/2
h

N
.R

.
N

.R
.

⇓
C

u
up

ta
ke

in
ro

ot
s

⇓
So

lu
bi

lit
y

of
so

il
he

av
y

m
et

al
s

[1
48

]

N
.R

.
N

.R
.

N
.R

.
N

.R
.

⇑
pH

in
re

d
so

il
⇑

So
il

nu
tr

ie
nt

s
⇑

A
bu

nd
an

ce
of

Ba
si

di
om

yc
ot

a
M

uc
or

om
yc

ot
a,

C
hy

tr
id

io
m

yc
ot

a

[1
49

]

N
.R

.
<5

00
◦ C

N
.R

.
N

.R
.

⇓
M

ob
ile

C
d,

C
u,

M
n,

N
i,

Z
n

⇓
Pb

,M
n,

C
d,

Z
n,

C
u,

N
iu

pt
ak

e
in

so
yb

ea
n

sh
oo

ts
⇑

R
oo

tn
od

ul
at

io
n

⇑
So

yb
ea

n
gr

ow
th

⇑
Pl

an
tK

an
d

M
o

up
ta

ke
⇑

So
yb

ea
n

ph
ys

io
lo

gi
ca

lp
er

fo
rm

an
ce

[1
50

]

157



J. Xenobiot. 2024, 14

Ta
bl

e
6.

C
on

t.

B
am

bo
o

B
io

m
as

s
Py

ro
ly

si
s

C
on

di
ti

on
s

R
ea

ct
or

C
ha

r
(%

)
O

th
er

(%
)

C
ha

ra
ct

er
is

ti
cs

A
pp

li
ca

ti
on

s
R

ef
s.

Ba
m

bo
o

ch
ip

s
30

0
◦ C

/1
h

45
0
◦ C

/1
h

60
0
◦ C

/1
h

M
uf

fle
fu

rn
ac

e
N

.R
.

R
em

ed
ia

ti
on

of
A

s-
co

nt
am

in
at

ed
pa

dd
y

so
il

vi
a

ir
on

–o
rg

an
ic

lig
an

d
co

m
pl

ex
at

io
n

[1
51

]

Ba
m

bo
o

ch
ar

co
al

pa
rt

ic
le

s
b

60
0
◦ C

N
.R

.
N

.R
.

A
s

st
ab

ili
ze

r
fo

r
he

av
y

m
et

al
s

N
it

ro
ge

n
re

te
nt

io
n

in
sl

ud
ge

co
m

po
st

in
g

[1
52

]

Ba
m

bo
o

sa
w

du
st

10
00

◦ C
N

.R
.

N
.R

.
Fo

r
C

O
2

ca
pt

ur
in

g
⇓

R
eg

en
er

at
io

n
te

m
pe

ra
tu

re
Ex

ce
lle

nt
ad

so
rp

ti
on

ca
pa

ci
ty

[1
53

]

Ba
m

bo
o

ca
rb

on
60

0
◦ C

/2
h

M
uf

fle
fu

rn
ac

e
N

.R
.

BB
C

§ -i
m

m
ob

ili
ze

d
Pa

ra
co

cc
us

sp
.Y

F1
fo

r
ni

tr
at

es
re

m
ed

ia
ti

on
[1

54
]

P.
vi

rd
ig

la
uc

es
on

s
46

0
◦ C

Sl
ow

py
ro

ly
si

s
R

ot
ar

y
fu

rn
ac

e
50

%
N

it
ra

te
ab

so
rp

ti
on

fr
om

w
as

te
w

at
er

or
in

du
st

ri
al

ef
flu

en
ts

*
[1

55
]

R
es

id
ua

lo
fM

os
o

ba
m

bo
o

m
an

uf
ac

tu
ri

ng
90

0
◦ C

/1
h

El
ec

tr
ic

fu
rn

ac
e

N
.R

.
N

it
ra

te
-n

it
ro

ge
n

ad
so

rp
ti

on
[1

56
]

G
ia

nt
ti

m
be

r
ba

m
bo

o
(P

.b
am

bu
so

id
es

)
40

0,
70

0,
10

00
◦ C

/1
h

C
ha

rc
oa

lk
iln

N
.R

.
A

m
m

on
ia

ab
so

rp
ti

on
[1

57
]

H
ea

lt
hy

dr
ie

d
st

em
s

w
it

ho
ut

le
av

es
of

ba
m

bo
o

50
0
◦ C

/2
0

m
in

M
uf

fle
fu

rn
ac

e
N

.R
.

M
od

ul
at

e
th

e
to

xi
c

ef
fe

ct
s

of
ch

ro
m

iu
m

[1
58

]

O
ff

cu
ts

of
ba

m
bo

o
c

90
0
◦ C

/4
h

V
ac

uu
m

an
ne

al
in

g
fu

rn
ac

e
N

.R
.

R
em

ed
ia

ti
on

of
C

d
(I

I)
in

w
at

er
[1

59
]

Ba
m

bo
o

re
si

du
es

40
0
◦ C

N
.R

.
N

.R
.

R
es

to
ra

ti
on

of
ac

id
ic

C
d-

co
nt

am
in

at
ed

so
il

[1
60

]

Lo
ca

lb
am

bo
o

60
0
◦ C

/4
h

N
.R

.
N

.R
.

C
u

ad
so

rp
ti

on
fr

om
so

il
⇓

C
u

ac
cu

m
ul

at
io

n
in

le
tt

uc
e

[1
61

]

Ba
m

bo
o

pi
ec

es
60

0
◦ C

/5
h

Tu
be

fu
rn

ac
e

N
.R

.
C

u
ab

so
rp

ti
on

fr
om

so
il

⇓
So

il
ac

id
it

y
⇓

Z
n

an
d

Pb
[1

62
]

Ba
m

bo
o

sh
oo

ts
he

lls
50

0
◦ C

/3
h

M
uf

fle
fu

rn
ac

e
N

.R
.

R
em

ov
al

of
A

g
(I

)a
nd

Pd
(I

I)
R

em
ov

al
of

TC
an

d
M

B
[1

63
]

N
.R

.
N

.R
.

N
.R

.
N

.R
.

R
em

ov
al

of
el

em
en

ta
lm

er
cu

ry
[1

64
]

N
.R

.◦
◦◦

N
.R

.
N

.R
.

N
.R

.
R

em
ov

al
of

C
d

(I
I)

io
ns

fr
om

w
at

er
[1

65
]

158



J. Xenobiot. 2024, 14

Ta
bl

e
6.

C
on

t.

B
am

bo
o

B
io

m
as

s
Py

ro
ly

si
s

C
on

di
ti

on
s

R
ea

ct
or

C
ha

r
(%

)
O

th
er

(%
)

C
ha

ra
ct

er
is

ti
cs

A
pp

li
ca

ti
on

s
R

ef
s.

M
ak

in
o

ba
m

bo
o

(P
.m

ak
in

oi
H

ay
at

a)
d

80
0–

90
0
◦ C

/2
h

Fu
rn

ac
e

N
.R

.
R

em
ov

al
of

he
av

y
m

et
al

io
ns

fr
om

w
at

er
[1

66
]

M
os

o
(P

.p
ub

es
ce

ns
)a

nd
M

a
(D

.l
at

ifl
or

us
)b

am
bo

o
sl

ic
es

e
80

0
◦ C

/1
h

Fu
rn

ac
e

N
.R

.
R

em
ov

al
of

he
av

y
m

et
al

io
ns

fr
om

w
at

er
[1

67
]

B.
vu

lg
ar

is
st

ri
at

a
f

65
0
◦ C

/2
h

N
.R

.
N

.R
.

A
ds

or
pt

io
n

of
C

d
(I

I)
,H

g
(I

I)
,a

nd
Z

n
(I

I)
fr

om
aq

ue
ou

s
so

lu
ti

on
[1

68
]

Bu
nd

le
s

of
ba

m
bo

o
cu

lm
s

(M
el

oc
an

na
ba

cc
ife

ra
)g

N
.R

./
2–

4
h

K
iln

N
.R

.
R

em
ov

al
of

N
i(

II
)a

nd
Z

n
(I

I)
fr

om
aq

ue
ou

s
so

lu
ti

on
s

[1
69

]

C
om

m
er

ci
al

ba
m

bo
o

ch
ar

co
al

>4
50

◦ C
N

.R
.

N
.R

.

A
ct

iv
at

ed
by

N
aO

H
tr

ea
tm

en
t

⇑
Pe

rc
en

ta
ge

of
su

rf
ac

e
gr

ap
hi

ti
c

ca
rb

on
⇑

O
xy

ge
n-

co
nt

ai
ni

ng
gr

ou
ps

⇑
π

–π
in

te
ra

ct
io

ns
A

ds
or

pt
iv

e
re

m
ov

al
of

ch
lo

ra
m

ph
en

ic
ol

[1
70

]

Ba
m

bo
o

pi
ec

es
55

0
◦ C

Fl
ui

di
ze

d
be

d
re

ac
to

r
N

.R
.

10
0%

Fu
rf

ur
al

re
m

ov
al

[1
71

]

Ba
m

bo
o

60
0
◦ C

/1
h

Tu
be

fu
rn

ac
e

N
.R

.
R

em
ov

al
of

M
B

by
el

ec
tr

os
ta

ti
c

in
te

ra
ct

io
ns

[1
72

]

Ba
m

bo
o

fr
om

au
th

or
s’

ca
m

pu
s

(J
ia

ng
su

U
ni

ve
rs

it
y,

C
hi

na
)

20
0
◦ C

/6
h

18
0
◦ C

/3
h

Te
flo

n-
lin

ed
st

ai
nl

es
s

st
ee

l
au

to
cl

av
e

N
.R

.
A

s
co

re
–s

he
ll

no
n-

m
et

al
lic

ph
ot

oc
at

al
ys

ts
fo

r
th

e
ph

ot
oc

at
al

yt
ic

de
co

m
po

si
ti

on
of

te
tr

ac
yc

lin
es

[1
73

]

Ba
m

bo
o

sa
w

du
st

50
0
◦ C

N
.R

.
N

.R
.

R
em

ov
al

of
flu

or
oq

ui
no

lo
ne

an
ti

bi
ot

ic
s

[1
74

]

Ba
m

bo
o

w
as

te
60

0
◦ C

N
.R

.
N

.R
.

In
si

tu
re

m
ed

ia
ti

on
of

PC
P

[1
75

]

Ba
m

bo
o

w
as

te
10

00
◦ C

N
.R

.
N

.R
.

R
em

ov
al

of
M

C
A

B-
17

2
[1

76
]

Ba
m

bo
o

w
as

te
82

0
◦ C

St
ai

nl
es

s
st

ee
lv

es
se

l
N

.R
.

⇓
Bi

oa
va

ila
bi

lit
y

of
D

EP
[1

77
]

M
os

o
(P

.p
ub

es
ce

ns
)b

am
bo

o
80

0
◦ C

Fa
st

py
ro

ly
si

s
N

.R
.

N
.R

.
R

em
ov

al
of

py
ri

di
ne

,i
nd

ol
e,

qu
in

ol
in

e
[1

78
]

Bu
nd

le
s

of
ba

m
bo

o
cu

lm
s

(M
el

oc
an

na
ba

cc
ife

ra
)h

80
0
◦ C

Fa
st

py
ro

ly
si

s
N

.R
.

N
.R

.
R

em
ov

al
of

M
B

an
d

A
O

7
[1

09
]

Ba
m

bo
o

du
st

i
24

0
◦ C

/2
h

Tu
be

fu
rn

ac
e

N
.R

.
R

em
ov

al
of

M
B

[1
79

]

Ba
m

bo
o

g
70

0
◦ C

/1
h

(1
st

py
ro

ly
si

s)
85

0
◦ C

/2
h

(a
ct

iv
at

io
n)

Tu
be

fu
rn

ac
e

N
.R

.
R

em
ov

al
of

M
B

[1
80

]

M
os

o
(P

.p
ub

es
ce

ns
)b

am
bo

o
se

ct
io

ns
70

0
◦ C

Fa
st

py
ro

ly
si

s
N

.R
.

N
.R

.
R

em
ov

al
of

C
A

F
an

d
TC

[1
81

]

159



J. Xenobiot. 2024, 14

Ta
bl

e
6.

C
on

t.

B
am

bo
o

B
io

m
as

s
Py

ro
ly

si
s

C
on

di
ti

on
s

R
ea

ct
or

C
ha

r
(%

)
O

th
er

(%
)

C
ha

ra
ct

er
is

ti
cs

A
pp

li
ca

ti
on

s
R

ef
s.

Ba
m

bo
o

w
as

te
(C

hi
na

)
65

0
◦ C

/1
h

M
uf

fle
fu

rn
ac

e
N

.R
.

C
dS

e
qu

an
tu

m
do

ts
/p

or
ou

s
ch

an
ne

lB
BC

fo
r

im
pr

ov
ed

ph
ot

oc
at

al
yt

ic
de

gr
ad

at
io

n
of

TC
[1

82
]

Pu
rc

ha
se

d
BB

C
N

.R
.

N
.R

.
N

.R
.

R
em

ov
al

of
D

BT
[1

83
]

Ba
m

bo
o

sa
w

du
st

g

87
3.

15
K

/1
h

(c
ar

bo
ni

za
ti

on
)

10
73

K
/0

.5
h

(a
ct

iv
at

io
n)

Tu
be

fu
rn

ac
e

N
.R

.
R

em
ov

al
of

N
V

P
[1

84
]

Ba
m

bo
o

w
as

te
25

◦ C
up

to
85

0
◦ C

M
ic

ro
w

av
e

(2
45

0
M

H
z)

N
.R

.
A

bs
or

pt
io

n
of

to
lu

en
e

an
d

be
nz

en
e

⇑
H

um
id

it
y

re
si

st
an

ce
[1

85
]

Ba
m

bo
o

N
.R

.
N

.R
.

N
.R

.
Ex

tr
ac

ti
on

an
d

de
te

rm
in

at
io

n
of

co
um

ar
in

s
fr

om
A

ng
el

ic
ae

pu
be

sc
en

tis
R

ad
ix

[1
86

]

Ba
m

bo
o

w
oo

d
(K

O
H

-a
ct

iv
at

ed
)

50
0–

70
0
◦ C

/6
0–

12
0

m
in

V
ac

uu
m

py
ro

ly
si

s
m

ac
hi

ne
29

–3
4%

ch
ar

37
–3

9%
oi

l
26

–3
3%

ga
s

A
ds

or
pt

io
n

of
C

O
2

an
d

PM
2.

5
[1

87
]

Ba
m

bo
o

po
w

er
*

45
0–

60
0
◦ C

2
L

C
yl

in
dr

ic
al

re
ac

to
r

9–
29

.8
2%

**
0.

91
–2

.4
1%

**
*

A
s

BC
-s

up
po

rt
ed

su
lf

on
ic

ac
id

ca
ta

ly
st

fo
r

ce
llu

lo
se

hy
dr

ol
ys

is
[1

88
]

Ph
yl

lo
st

ac
hy

s
ed

ul
is

35
3

K
/3

h
N

.R
.

N
.R

.
BB

C
su

lf
on

ic
ac

id
be

ar
in

g
po

ly
am

id
e

fo
r

m
ic

ro
w

av
e-

as
si

st
ed

hy
dr

ol
ys

is
of

ce
llu

lo
se

[1
89

]

Ba
m

bo
o

w
as

te
60

0
◦ C

/3
0

m
in

Fa
st

py
ro

ly
si

s
Fi

xe
d-

be
d

sy
st

em
84

.7
w

t%
◦◦

To
pr

ep
ar

e
ph

en
ol

s
[1

90
]

Ba
m

bo
o

w
as

te
#

60
0
◦ C

/3
0

m
in

Fi
xe

d-
be

d
re

ac
to

r

C
ha

r
19

%
O

il
42

%
H

2O
18

%
G

as
18

%

Fo
rm

at
io

n
of

ar
om

at
ic

s
an

d
ph

en
ol

s
[1

91
]

Ba
m

bo
o

w
as

te
◦

60
0
◦ C

/3
0

m
in

Fi
xe

d-
be

d
re

ac
to

r
N

.R
.

Fo
rm

at
io

n
of

ph
en

ol
s

(6
7%

)
[1

92
]

Ba
m

bo
o

ac
ti

va
te

d
ca

rb
on

(B
A

C
)

N
.R

.
N

.R
.

N
.R

.
Su

lf
on

at
ed

BA
C

-b
as

ed
ca

ta
ly

st
fo

r
ol

ei
c

ac
id

es
te

ri
fic

at
io

n
[1

93
]

*F
ro

m
a

ba
m

bo
o

pr
oc

es
si

ng
fa

ct
or

y
(Z

he
jia

ng
pr

ov
in

ce
,C

hi
na

)p
re

tr
ea

te
d

w
ith

al
ka

lin
e

ca
rb

on
at

es
;*

*c
ha

r;
**

*a
sh

;◦
◦◦

ba
m

bo
o

ch
ar

co
al

w
as

pr
ov

id
ed

by
th

e
D

ep
ar

tm
en

t
of

M
at

er
ia

lS
ci

en
ce

an
d

En
gi

ne
er

in
g,

Ts
in

gh
ua

U
ni

ve
rs

ity
;H

TC
=

hy
dr

ot
he

rm
al

ca
rb

on
iz

at
io

n;
§

BB
C

im
pr

ov
ed

th
e

gr
ow

of
im

m
ob

ili
ze

d
ba

ct
er

ia
lc

el
ls

;#
ca

ta
ly

tic
de

ox
yg

en
at

io
n

co
-p

yr
ol

ys
is

of
ba

m
bo

o
w

as
te

s
an

d
m

ic
ro

al
ga

e
w

ith
bi

oc
ha

r
ca

ta
ly

st
;◦

py
ro

ly
ze

d
in

ab
se

nc
e

or
pr

es
en

ce
of

ac
tiv

at
ed

BB
C

ca
ta

ly
st

s
(a

ct
iv

at
io

n
w

ith
K

O
H

,K
2C

O
3,

K
H

C
O

3,
or

C
H

3C
O

O
K

at
80

0
◦ C

/3
0

m
in

);
◦◦

ca
rb

on
co

nt
en

t;
##

30
0

◦ C
;$

ov
er

50
0

◦ C
;@

60
0

◦ C
;a

G
ua

du
a

A
ng

us
tif

ol
ia

K
un

th
;b

Ya
os

hi
C

ha
rc

oa
l

Pr
od

uc
tio

n
C

om
pa

ny
,H

an
gz

;c
Ph

yl
lo

st
ac

hy
sh

et
er

oc
yc

la
(C

ar
r.)

,M
itf

or
d

cv
.P

ub
es

ce
ns

;d
C

O
2-

or
w

at
er

st
ea

m
-a

ct
iv

at
ed

;e
w

at
er

-a
ct

iv
at

ed
;f

w
at

er
st

ea
m

-a
ct

iv
at

ed
;g

ra
w

or
K

O
H

-a
ct

iv
at

ed
BB

C
;h

no
t-a

ct
iv

at
ed

an
d

m
ic

ro
w

av
e-

ac
tiv

at
ed

A
BB

C
;i

am
m

on
iu

m
pe

rs
ul

fa
te

-a
nd

po
ta

ss
iu

m
pe

rs
ul

fa
te

-p
re

tr
ea

te
d

ba
m

bo
o

an
d

th
en

ac
tiv

at
ed

by
co

ld
al

ka
li;

BS
S

=
ba

m
bo

o
sh

oo
ts

he
ll;
⇑

=
hi

gh
,h

ig
he

r,
im

pr
ov

ed
,e

nh
an

ce
d;

th
e

sy
m

bo
l=

m
ea

ns
si

m
ila

r,
lik

e,
co

m
pa

ra
bl

e;
BC

T
=

ba
m

bo
o

ch
ar

co
al

tu
be

;⇓
=

lo
w

,l
ow

er
,

re
du

ce
d,

de
cr

ea
se

d;
D

BT
=

di
be

nz
o

th
io

ph
en

;C
A

F
=

ch
lo

ra
m

ph
en

ic
ol

;T
C

=
te

tr
ac

yc
lin

e;
M

B
=

m
et

hy
le

ne
bl

ue
;P

C
P

=
pe

nt
ac

hl
or

op
he

no
l;

D
EP

=
di

et
hy

lp
ht

ha
la

te
;

M
C

A
B-

17
2

=
m

et
al

-c
om

pl
ex

dy
e

ac
id

bl
ac

k
17

2;
N

V
P

=
N

-v
in

yl
py

rr
ol

id
on

e;
SL

=
sa

nd
y

lo
am

;S
iL

=
si

lt
lo

am
;P

M
2.

5
=

fin
e

du
st

;N
.R

.=
no

tr
ep

or
te

d.

160



J. Xenobiot. 2024, 14

The studies reported in Table 6 are related to the transformation of the lignocellulose
bamboo biomass into pyrolyzed bamboo BCs (BBCs) in a nitrogen atmosphere. In several
cases, BBCs were chemically treated with alkali, acid, and oxidant solutions to increase
their porosity and add new chemical functional groups, thus achieving activated BBC,
namely ABBC. In the studies, BBC and ABBC were used for metal removal in an aqueous
solution or gas phase for ameliorating soil quality by reducing acidity and absorbing heavy
metals, as catalysts for organic chemical reactions, as energy sources, and as thermoelec-
trical devices, as well as for the adsorption of organic compounds, such as dyes, drugs,
and aromatic compounds. To limit the problem of deforestation and to meet the pressure
of avoiding the use of native forest resources for the production of BC, a woody bamboo
(species Dendrocalamus giganteus Munro) was pyrolyzed by Hernandez-Mena et al. as a
renewable material, and the properties of bamboo-derived BC (BBC) were studied [127].
To this end, the fast-growth bamboo was slow-pyrolyzed in a fixed-bed reactor at temper-
atures ranging from 300 to 600 ◦C and at a 10 ◦C/min heating rate [127]. The obtained
BC was analyzed by different analytical techniques, and according to the reported results,
the pyrolysis of bamboo yielded both biochar and bio-oil, thus representing a low-cost
and sustainable strategy for producing energy and for agricultural applications. Using
different bamboo species, including Dendrocalamus giganteus, Phyllostachys edulis, D. asper,
P. pubescens Mazel, and P. edulis, and different parts of the plant as bamboo chopsticks
and defoliated bamboo and even bamboo waste, BBCs were produced with electrical,
electrochemical, and thermal properties [130–133,135–138]. Particularly, depending on
the temperature of the pyrolysis process (700 ◦C), BBCs demonstrated high resistivity,
thermal conductivity, and thermal heating rate, being suitable as a 3D microfluidic heater.
Otherwise, BBCs obtained at 1000 ◦C proved to have high electric conductivity, thus being
suitable as working electrodes [130]. Also, other bamboo-derived BCs were proposed
as Ag-carbon electrodes for energy device applications [131]. BBCs obtained in specific
conditions demonstrated excellent electrochemical performance [132] and were usable as
supercapacitor electrode materials [132], as sustainable anodes for Li-ion batteries [133], as
anodes for Na-ion batteries [134], as BCT-derived air cathodes for microbial fuel cells [136],
as 3D solar vapor-generation devices for water desalination [137], and as efficient pho-
tothermal conversion devices [138]. The shoot shell of D. latiflorus Munro was used to
produce BBCs at temperatures ranging from 300 ◦C to 500 ◦C. BBC derived at 400 ◦C
demonstrated the best properties in soil improvement in terms of water-holding capacity
(WHC), bulk density, iodine sorption, and metal adsorption. Particularly, soil adsorption
capacities of Pb (II), Cr (III), and Cd (II) were improved by approximately 27%, 21%, and
29% with the addition of 2.5% wt. BBC [139]. Aiming at preparing BBCs to be used as
soil improvers again, Sahoo and co-workers characterized and compared BCs obtained by
pyrolysis at different temperatures (400, 500, and 600 ◦C) of bamboo biomass (BBCs) with
those achieved by pyrolyzing pigeon pea stalk under the same conditions [113]. Briefly,
the BC yield, which decreased with increasing temperature, was higher in bamboo than
in pigeon pea stalk biomass due to more lignin content and low volatile matter in the
former. Both BCs were shown to be highly carbonized and hydrophobic and to have low
volatile matter, high porosity, and high fixed carbon, as well as proved to be beneficial
for agricultural application, as they had high ash recovery [113]. The pyrolysis temper-
ature of 600 ◦C was the most effective one in terms of surface area, total pore volume,
and high mass fraction of carbon and fixed carbon for both the biomass materials [113].
Other authors, by pyrolyzing bamboo waste, bamboo tick, residual bamboo biomass, and
bamboo agricultural by-products at temperatures ranging from 300 ◦C to 700 ◦C, prepared
BBCs that were successful in enhancing soil fertility, crop growth [140], and soil acidifica-
tion. Such BBCs have been demonstrated to be efficient in improving soil carbon content,
promoting nutrient retention, improving microbial community abundance, and reducing
CO2 emissions [141], thus being suitable for soil amendment [144]. Yanan et al. prepared
three types of biochar (corn stalk biochar (CSB), rape straw biochar (RSB), and bamboo
charcoal (BC)) to investigate the relationship between N2O emissions from composting
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and denitrifying bacterial communities on compost and BC particles [142]. The results
showed that N2O emissions rates were higher in the thermophilic phase of composting
and that the average emissions rate was lower upon BC treatment than after treatment
with CSB and RSB [142]. The nosZ-carrying denitrifying bacterial community played a key
role in reducing N2O emissions, and the study indicated that BC enhanced the efficiency of
N2O emission reduction by enhancing the abundance of these key genera [142]. In another
recent study by the same authors, the effects of bamboo charcoal (BC) and wheat straw
biochar (WSB) on the humic acid (HA) and fulvic acid (FA) contents during pig manure
composting were investigated [143]. The results evidenced that BC enhanced humification
more than WSB and significantly increased the HA content and HA/FA ratio [143]. As
in the study previously reported, the bacterial community structure under BC treatment
differed from those under the other treatments. Particularly, BC increased the abundance
of bacteria associated with the transformation of organic matter, thus influencing HA and
FA concentration and improving the humification process during composting [143]. By
the application of BBCs to soil obtained by the combustion of bamboo feedstocks, the
quality and performance of different plants were enhanced. Particularly, the growth of
mustard plants [194] and the yield of pakchoy plants [145], as well as the growth of tomato
plants and the quality of their fruits, were improved [146,147]. Villagra-Mendoza et al.
reported that the physicochemical changes that occurred in loam soils amended with BBC
obtained by the pyrolysis of bamboo stems at 400 ◦C determined a significant improvement
in tomato production yield [147]. Wang et al. demonstrated that the application of 5%
bamboo biochar to soil reduced Cu uptake in the roots of Moso bamboo (Phyllostachys
pubescens) and ameliorated soil physical properties and heavy metal solubility in soil [148].
Applications of biochar have significantly reduced the solubility of soil heavy metals.
Authors evidenced that the application of BBC to soils ameliorated the quality of soils
in terms of improved pH, nutrients, and abundance of beneficial fungi of Basidiomycota,
Mucoromycota, and Chytridiomycota species [149], as well as reduced mobile Cd, Cu, Mn,
Ni, Zn, reduced Pb, Mn, Cd, Zn, Cu, and Ni uptake in soybean shoots, and increased root
nodulation, soybean growth, K and Mo uptake, and physiological performance of soybean
plants [150]. Very recently, Tang et al. prepared BBCs at different pyrolysis temperatures
(BB300, BB450, and BB600), which were successful in reducing As availability in paddy
soil by adsorption and promoted the complexation of HCl-extractable Fe (III)/(II) and the
formation of amorphous iron oxides, which, in turn, facilitated the formation of ternary
complex (As-Fe-DOM) with highly stability [151]. Moreover, the abundance of Geobac-
teraceae and Xanthomonadaceae, which are common electroactive bacteria, was promoted
in the BB450-treated paddy soil, which assisted in forming amorphous iron oxides [151].
Also, Hua et al. evidenced that the incorporation of bamboo charcoal particles prepared
at 600 ◦C into the sludge composting material significantly reduced nitrogen loss (64.1%)
and lessened the mobility of Cu and Zn [152]. Furthermore, a BBC with high adsorp-
tion capacity for CO2 capture and for low-temperature heat utilization was developed by
Ji et al. by pyrolyzing bamboo sawdust at 1000 ◦C [153]. BBCs were also used for nitrate
remediation and for the removal/degradation of hazardous inorganic pollutants. Par-
ticularly, Liu et al. immobilized a Paracoccus sp. strain YF1 on bamboo carbon obtained
at 600◦C to be assessed for denitrification. The results showed that denitrification was
significantly improved using immobilized bacteria compared to that of free cells, where
denitrification time decreased from 24 h (free cells) to 15 h (immobilized cells) [154]. Aiming
at further improving the sorption characteristics of BBC in the denitrification process, a
BBC/montmorillonite composite was produced in an experimental pyrolysis reactor using
bamboo (P. virdiglaucesons) as biomass feedstock by Viglašová et al. This composite was
successful in removing nitrates from aqueous solutions, being 1.8-fold more efficient than
BBC without montmorillonite [155]. In the past, the efficient removal of nitrogen in the
form of nitrate and ammonia using BBCs obtained by pyrolyzing Moso and Giant timber
bamboo at temperatures in the range of 400–1000 ◦C in a tube furnace and charcoal kiln,
respectively, have been reported by Mizuta et al. [156] and Asada et al. [157]. Particularly,
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the BBC prepared in the study by Asaka et al. was more efficient than commercial activated
carbon in removing ammonia from water solution, and its performance improved further
upon acidic treatment [157]. Concerning the environmental removal of hazardous metals,
healthy dried stems without leaves of bamboo were converted in BBC in a muffle furnace
at 500 ◦C to modulate the toxic effects of chromium on wheat plants [158], while offcuts of
bamboo and bamboo residues were pyrolyzed at 900 ◦C and 400 ◦C, respectively, obtaining
BBCs that were successful in the remediation of Cd (II) in Cd (II)-contaminated water
and in the restoration of acidic Cd-contaminated soil [159,160]. Very recently, Ma et al.
prepared BBCs and magnetic BBCs by the pyrolysis of bamboo at 600 ◦C and applied
them for copper (Cu) immobilization in agricultural lands [161]. Particularly, magnetic
BBC increased the maximum adsorption capacity and mitigated copper accumulation
in lettuce. The major adsorption mechanisms of magnetic BBC were chemical precipita-
tion, ion exchange, and metal–π complexation. Soil organic matter (SOM) facilitated the
immobilization of activated copper [161]. In the same year, Zhang et al. prepared a ferrate-
modified BBC and tested it as a composite system for soil amendment [162]. Particularly,
the capacity of Fe-modified BBC to absorb heavy metal Cu and to reduce soil acidity was
investigated [162]. An absorption efficiency of 276.12 mg/g due to single-layer surface
adsorption and chemisorption processes was evidenced. Pore diffusion, electrostatic inter-
action, and surface interaction were the other possible mechanisms of Fe–BBC interaction
with Cu2+ ions [162]. Multilayer self-assembled multifunctional bamboo shoot shell biochar
microspheres (BSSBMs) showed a wide range of adsorption capacities, demonstrating the
capability of absorbing heavy metals such as Ag (I) and Pd (II), antibiotics such as TC, and
dyes such as MB from wastewater [163]. The maximum adsorption amounts of BSSBMs
on Pd (II), Ag (I), TC, and MB were 417.3 mg/g, 222.5 mg/g, 97.2 mg/g, and 42.9 mg/g,
respectively [163]. Moreover, Tan et al. investigated the adsorptive potential of a bamboo-
derived BC (BBC) and of modified BBC using H2O2 for elemental mercury removal [164].
The results evidenced that BBC materials have excellent adsorption potential for elemental
mercury, especially after being modified by H2O2 [164]. Batch adsorption experiments
were conducted by Wang et al. to investigate the adsorption capacity of Cd (II) ions from
aqueous solutions by BBC [165]. The results showed that the adsorption of Cd (II)ions
was very fast initially, and equilibrium was reached after 6 h with an adsorbed capacity of
18 mg/g at pH = 8. Similarly, the batch adsorption capacity of heavy metal ions by CO2
and water steam-activated or water-activated ABBC was investigated by Wang et al. [166]
and by Sheng-Fong Lo et al., respectively [167]. The optimum pH values for the adsorption
capacity of heavy metal ions were 5.81–9.82 by bamboo-activated carbons. The optimum
soaking time was 2–4 h for Pb2+, 4–8 h for Cu2+ and Cd2+, 4 h for Cr3+ by Moso ABBC, and
1 h for the tested heavy metal ions by Makino ABBC. However, the removal efficiency of
heavy metal ions by the tested ABBCs decreased in the order Pb2+ > Cu2+ > Cr3+ > Cd2+.
Specifically, depending on their interaction with anionic functional groups on the surface
of activated ABBC, the adsorption capacity varies from 0.68 to 0.19 mg/g [166,167]. More-
over, water steam-activated mesoporous ABBC from the bamboo species Bambusa vulgaris
striata achieved high efficiency in the removal of Cd (II), Hg (II), and Zn (II) ions from
water solutions [168]. The batch studies suggested the highest adsorption capacities for an
activated carbon dose of 0.6 g/L, solution pH = 9 and an equilibrium time of 16 h in static
conditions were 240, 248, and 254 mg/g of cadmium, mercury, and zinc, respectively [168].
Other studies using KOH-activated bamboo derivates obtained from Melocanna baccifera
species were mentioned with lower absorption capacities of 40.5 mg/g of Zn (II) [169].
A number of studies were concerned with the use of commercial bamboo charcoal, as
well as that of BBCs prepared by the combustion of bamboo pieces, bamboo sawdust, or
bamboo waste at different temperatures (450–1000 ◦C) in the remediation of hazardous
organic compounds, including antibiotics and dyes. Particularly, an NaOH-activated BBC
with a high percentage of surface graphitic carbon, oxygen-containing groups, and π–π
interactions was used for the adsorptive removal of chloramphenicol [170]. The 100%
removal of furfural, as well as the capability of removing MB by electrostatic interac-
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tions and decomposing tetracyclines by a photocatalytic process, was demonstrated by
BBCs [171–173]. Additionally, the removal of fluoroquinolone antibiotics and MCAB-172,
the in situ remediation of PCP, and the reduction of the bioavailability of DEP in soil by
BBC applications has also been reported [174–177]. Furthermore, Liao et al. reported the
production of not-activated and microwave-activated ABBCs starting from Moso bamboo
as biomass feedstock [109,178]. BBCs were obtained by pre-carbonization at 150–270 ◦C for
2–3 days, carbonization at 270–450 ◦C for 1–2 days, calcination between 450 and 800 ◦C
for 0.5–1 day, and finally, maintenance at 800 ◦C for a short time. All the processes were
carried out under a nitrogen atmosphere. The obtained materials were successful in the
removal of nitrogen-heterocyclic compounds (NHCs), such as pyridine, quinoline, and
indole [178], as well as MB and OA7 dyes [109] from water solutions. In the first case, the
spent BBC with NHC adsorption was effectively regenerated by MW radiation [178], while
microwave-activated ABBCs were remarkably more efficient in removing dyes than the
raw BBC (17.32 mg/g vs. 14.99 mg/g for MB and 9.28 mg/g vs. 4.91 mg/g for OA7) [109].
Anyway, a very high maximum monolayer adsorption capacity of 454.2 mg/g for MB
was reported previously by Hameed et al. using a KOH-activated ABBC prepared by
pyrolyzing in a two-phase process: bamboo biomass first at 700 ◦C for 1 h and then at
850 ◦C for 2 h in the presence of KOH [180]. In a recent study, two BBCs were prepared from
the torrefaction of ammonium persulfate- and potassium persulfate-pretreated bamboo
and then activated by cold alkali, which were named ASBC and KSBC, respectively. The
two BBCs demonstrated high adsorption properties (475/881 mg/g at 303 K) over MB,
mainly by electrostatic interactions [179]. As previously reported by Fan et al., Liao and
colleagues succeeded in removing chloramphenicol (CAF) from water solutions using a
BBC obtained from the thermal decomposition of sections of bamboo (Moso bamboo) [181].
Particularly, 4-year-old Moso bamboo cut into different sections was pre-carbonized at
150–250 ◦C for 1–2 d, carbonized at 250–400 ◦C for 0.5–1 d, calcined at 400–700 ◦C for
0.5–1 d, and finally, kept at 700 ◦C for a short time [180]. In addition to CAF, the obtained
BBC was also capable of removing tetracyclines (TCs), both in batch experiments and in
fixed-bed column ones [181]. A simple in situ method was used by Men et al. to load CdSe
quantum dots (QDs) onto hydrothermal biochar (HTC) obtained by pyrolyzing bamboo
to form CdSe/HTC composites [182]. The authors employed the as-obtained BBC-based
nanomaterials in the photocatalytic degradation of tetracycline (TC). Compared with pure
CdSe quantum dots, the best photocatalytic degradation efficiency of CdSe/HTC complex
containing 15% HTC was 73%, which was attributed to the high carrier transport efficiency
of HTC and the inhibition reorganization of photogenerated electron-hole pairs [182]. Fur-
thermore, DBT was removed by n-octane by Zhao et al. using a commercial BBC [183],
while Li and Umereweneza prepared an ABBC using bamboo sawdust that was carbonized
at 873.15 K for 1 h and then activated with alkaline treatment (KOH) at 1073 K for 0.5
h [184]. The as-prepared ABBC was successful in removing NVP from water solutions [184].
The enhanced adsorption capacity towards aromatic volatile organic compounds (VOCs)
by hydrophobic porous BBC produced via microwave rapid pyrolysis of bamboo in the
presence of FeCl3 was recently reported by Junhao et al. [185]. Particularly, the as-obtained
engineered BBC displayed better benzene and toluene adsorption capacity and humidity
resistance. A BBC was also employed by Yu et al. to prepare a composite monolithic
adsorbent [186]. The prepared composite adsorbent was successfully applied in a column
for the reversible absorption of two coumarins from Angelicae pubescentis Radix, as well as
for their determination [186]. Activated BBC (ABBC) was produced by treating the BBC
with KOH, achieving a highly porous structure that was effective in extracting organic
and inorganic contaminants from the air [187]. Particularly, ABBC produced at 700 ◦C
demonstrated an air purifier’s performance efficiency for removing CO2 and PM2.5 of 91.23
and 89.19%, respectively [187]. Bamboo-derived BCs were also used as hydrolytic catalysts
or as catalysts to produce aromatic and phenolic derivatives. Particularly, the combustion
by the molten alkali carbonate method of bamboo power at 450–600 ◦C (450 ◦C being the
optimal temperature) in a 2 L cylindrical reactor yielded a BBC that was used to support
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sulfonic acid groups, achieving a BBC-supported sulfonic acid catalyst that performed
well in cellulose hydrolysis [188]. Similarly, a bamboo-based biochar sulfonic acid (BCSA)
catalyst bearing polyamide moieties (BCSA-PA) with acidic and alkaline sites was pre-
pared by the Yin group; it showed high activity and good selectivity for the conversion
of glucose to 5-hydroxymethylfurfural (HMF) in pure water at 90 ◦C under microwave
irradiation [189]. Chen et al. used N-doped BC catalysts derived by the fast pyrolysis
(30 min) of bamboo at 600 ◦C in the presence of variant NH3 concentrations for the catalytic
pyrolysis of bamboo wastes to prepare phenols [190]. High-concentration aromatic and
phenolic derivatives were prepared by Chen et al. through the catalytic deoxygenation
co-pyrolysis of bamboo wastes and microalgae using a BBC catalyst, in turn achieved by
bamboo waste pyrolysis [191]. Similarly, Yang et al. produced high-concentration phenols
(67%) through the catalytic fast pyrolysis of bamboo wastes at 600 ◦C using a BBC catalyst
activated with KOH, K2CO3, KHCO3, or CH3COOK at 800 ◦C, in turn achieved by bamboo
waste pyrolysis at 600 ◦C [192]. Also, Niu et al. prepared a sulfonated heterogeneous acid
catalyst from bamboo-activated carbon (BAC) through arylation. This BBC-based catalyst
was used in the catalytic esterification of oleic acid with ethanol to produce biodiesel with
96% efficiency [193]. Collectively, information reported in Table 6 has evidenced that the
majority of case studies on BBC and ABBC were concerned with their use in the removal
of organic and inorganic xenobiotics from wastewater and in soil amendment, followed
by their application in developing electrical and photochemical devices. Otherwise, their
employment as catalysts for organic chemical reactions remains limited (Figure 6). In fact,
unlike BC-based materials obtained from other biomasses, which have been employed as
heterogeneous catalysts for organic reactions, including reduction, oxidations, esterifica-
tion, C-C and C-N coupling, alkylation, epoxidation, cycloadditions, and multi-component
reactions [195], the reactions catalyzed by BBCs include only those reported in Table 6, such
as cellulose hydrolysis, pyrolytic production of phenols and aromatic compounds, and
esterification reactions [188–193].
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4. BBC-Derived Persistent Free Radicals

While the formation and presence of PFRs in the BC produced by several feedstock
biomasses has been widely documented and studied since 2014, the literature documen-
tation regarding those found in bamboo-derived biochar (BBC) is limited to four recent
publications (Figure 7), which are reported in Table 7.
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Briefly, Huang et al., to assess the non-negligible role of biomass types and their
compositions on the formation of PFRs in the related BC, selected three different biomass
feedstocks, including bamboo [196]. Biomass was pyrolyzed in a tube furnace for 2 h at a
temperature of 500 ◦C, and BBC was stored in an anaerobic glovebox purged with N2 to
avoid the effects of oxygen molecules on the PFR concentrations contained therein. The
as-obtained BBC was tested in a BBC/H2O2 Fenton-like system to catalyze the oxidative
degradation of tetracycline, evidencing high degradation efficiency by an electron transfer
pathway via ROS production. The authors demonstrated that the catalytic property of
BBC strongly depended on the amounts of PFRs [196]. The second and last experimen-
tal work found in literature concerning BBC-related PFRs was that by Zhang et al., who
prepared N-doped (NBC), S-doped (SBC), and NS-doped (NSBC) BBC using Moso bam-
boo [197]. Bamboo biomass was pyrolyzed at temperatures in the range of 300–700 ◦C,
giving the highest concentration of PFRs at 500 ◦C. The as-prepared BBCs were used to
activate persulfate to produce both radical (SO4

•−, •OH, and O2
•−) and non-radical (1O2)

species, which catalyzed the degradation of different antibiotics. Particularly, both EPFRs
enhanced by the N-or S-doping, and non-radical species catalyzed the degradation of
different antibiotics, including PFX, OTC, and CTC [197]. More recently, the photodegra-
dation processes under simulated solar illuminations of 2,4,4′-trichlorobiphenyl (PCB28)
adsorbed on biochar colloids (BCCs) released from bulk BBCs were studied by Wang et al.
as a function of pyrolysis temperature (300, 500, or 700 ◦C) [198]. It was demonstrated
that PCB28 adsorbed on the low-temperature BCCs degraded mainly by accepting elec-
trons from the BBC-associated PFRs. Such electron transfer led to PCB28 dechlorination,
followed by ring-opening oxidation through hydroxyl radical attack, ultimately resulting
in progressive mineralization [198]. Otherwise, singlet oxygen non-radical mechanisms
caused preferential ring opening of adsorbed PCB28 on the high-temperature BCCs, pre-
ceding dichlorination [198]. Lignocellulosic bamboo biomass was used as raw material to
prepare Fe-N-BBC for persulfate activation and sulfamethoxazole (SMX) and TOC degra-
dation [199]. BBCs were capable of activating peroxydisulfate (PDS) and degraded SMX
and TOC, mainly via the oxidative action of four active species, such as •OH, SO4•−, •O2,
and 1O2 [199]. Based on these data, if the research on BBC is still limited compared to that
on BC, the research studying the possible presence of PFRs in BBC, their characteristics,
their possible application, their environmental transformation, and above all, their possible
toxicity to humans and the environment is even more minimal (Figure 8).
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5. Conclusions and Future Perspectives

In this review, the different applications of biochar (BC) and activated BC obtained
by the thermal decomposition of several bamboo species (BBC and ABBC) have been
schematically highlighted and extensively discussed. Bambusa vulgaris, Gigantochloa albocili-
ata, Moso bamboo (Phyllostachys edulis), Dendrocalamus giganteus, Bamboo Dendrocatiflorus
Munro, dry bamboo stalks, Phyllostachys virdiglaucesons, etc. are the most used bamboo
species for developing BBC and ABBC. The interest in bamboo as a source for producing
BC is quite young and still too limited, as evidenced by the lower number of existing
experimental works concerning BBC compared to those concerning the production of BC
from other biomasses. Anyway, BBC has revealed to be promising as an electromagnetic
wave absorber, for constructing electrodes to be used in dye-sensitized solar cells, and for
water and soil purification by absorption of organic xenobiotics and inorganic pollutants.
Additionally, BBC has been helpful for the release of nutrients and gas remediation, and it
has been largely demonstrated that BBC positively affects soil properties and greenhouse
gas emissions, thus representing a nonpareil natural gift source for BC. Anyway, in our
perspective, the more extensive use of bamboo and BBC in the urban, green building,
and gardening industries to increase the nation’s economic aspects and reduce ecotoxicity,
the improvement of the properties of BC developable from bamboo, and more in-depth
knowledge about the possible existence of BBC-associated PFRs is mandatory. In this
context, the main scope of this review was to support increasing production of BBC and
ABBC and to stimulate further studies about their possible applications, thus enlarging
the current knowledge about these materials and allowing their more rational, safer, and
optimized application, especially in the removal of xenobiotics.
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