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Editorial

Remediation Strategies for Soil and Water

Junxia Wang and Xiaoqiang Cui *

Tianjin Key Lab of Biomass Waste Utilization, School of Environmental Science and Engineering, Tianjin
University, Tianjin 300072, China; wangjunxia@tju.edu.cn
* Correspondence: cuixiaoqiang@tju.edu.cn

With the rapid development of industry worldwide, soil and water pollution has
increased in recent decades [1,2]. Pollutants such as heavy metals, polycyclic aromatic
hydrocarbons, antibiotics, and microplastics in soil and water cause severe environmental
problems [3–6], posing serious risks to human health and the ecological system. Approx-
imately 4 billion people, representing about half of the world’s population, suffer from
severe physical water scarcity for at least part of the year [7]. Hence, several techniques
have been developed for the remediation of contaminated soil and water, including adsorp-
tion, membrane separation, advanced oxidation, ion exchange, electrochemical treatment,
microbial degradation, and phytoremediation [8–15]. Considering the ongoing issue of
pollution and emerging pollutants, remediation strategies for soil and water should be
further optimized to focus on developing functional materials, improving remediation
efficiency, and enhancing integrated remediation processes. This Special Issue entitled
“Remediation Strategies for Soil and Water” features six research articles and three review
papers, each addressing critical aspects of remediation processes for soil and water. The
contributions are briefly described below.

Liu et al. [16] demonstrated the application of the volume-of-fluid (VOF) technique
in the prediction of leakage and diffusion of underwater oil spill, providing potential
remediation strategies. They determined the impacts of various parameters on leakage
and diffusion characteristics by adjusting ocean current velocity, spilled oil velocity, and
the density and viscosity of crude oil. Notably, a user-defined function was proposed and
used for computational fluid dynamics modeling, and they obtained a critical formula
to determine the lateral migration distance of spilled oil under various conditions. Their
results can provide a theoretical basis for developing an emergency treatment scheme for
offshore oil spills and improve the remediation efficiency of oil-contaminated water.

Yang et al. [17] focused on the effective removal of ammonium from water using
ball-milled biochar modified with NaOH. They aimed to explore the feasibility of using
modified biochars to achieve the enhanced remediation of ammonium-polluted water. The
results indicate that the ball-milling treatment and NaOH modification greatly improved
the ammonium sorption capacity of biochar, and the modified biochars showed enhanced
sorption performance in a wide pH range (3–7). The surface complexation with functional
groups and cation exchange were considered the main sorption mechanisms. The authors
concluded that biochar modified via NaOH/ball-milling can be employed as a cost-effective
sorbent for the remediation of ammonium-polluted water.

Meng et al. [18] proposed a promising scheme for the sustainable remediation of
nitrate-contaminated groundwater through permeable reactive barrier (PRB) remediation
systems. They fabricated nano zero-valent iron (nZVI) particles encapsulated within an
acrylonitrile–butadiene–styrene (ABS) matrix, which efficiently solved the problem of
aggregation and reactivity decrease through regulating the distribution of nZVI particles

Processes 2025, 13, 2238 https://doi.org/10.3390/pr13072238
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and controlling the interaction between nZVI particles and the polluted water. The results
demonstrate that encapsulation suppressed the aggregation of nZVI, achieving sustainable
denitrification performance during wastewater remediation.

Luo et al.’s research [19] delves into the impacts of fertilization on nitrogen and phos-
phorus pollution in agricultural water bodies. They built a crop–soil runoff water system
to determine the variation in crop growth and the pollutant contents in water bodies under
different fertilization rates. The authors emphasized that crop growth intercepted the mi-
gration of nitrogen and phosphorus, which was further affected by different growth stages.
Considering the combined effects of fertilization on soil fertility, crop yield, and environ-
mental risk, they proposed an optimized fertilization rate for an eggplant planting system,
achieving the best interception effect on nitrogen and phosphorus in the water system.

Wang et al. [20] provide an overview of a hot topic, reducing greenhouse gas (GHG)
emissions from farmland soil, especially focusing on the microbial-mediated process. They
systematically illuminated the main generation pathways of GHGs (i.e., CO2, CH4, and
N2O) in soil and analyzed the impacts of various environmental factors, including soil
temperature, organic matter, moisture, and pH, on soil GHG emissions. Additionally, they
determined the microbial mechanisms involved in the soil GHG emission process under
various soil remediation modes (e.g., the biochar addition, organic fertilizer addition, straw
return, and microalgal biofertilizer application modes). They demonstrated the critical
role of microalgae biofertilizer in reducing GHG emissions in farmland soil, providing a
theoretical basis for achieving carbon neutrality in agriculture production.

Wang et al. [21] systematically reviewed hydrothermal treatment for food waste to
address its potential environmental risk. The authors presented an in-depth analysis of
the effects of the mechanisms of hydrothermal conditions (e.g., hydrothermal temperature,
time, feedstock properties, and catalysts) on the generation of various products, focusing on
the potential application of the value-added products derived from the hydrothermal treat-
ment of food waste. Hydrochar, bio-oil, and gaseous products derived from this process
showed good potential in environmental remediation, soil improvement, energy produc-
tion, and new material synthesis. Finally, the authors proposed the potential challenges
and development directions for the hydrothermal treatment of food waste.

Liu et al. [22] conducted a study on landfill gas–water joint regulation technology.
Low oxygen utilization rates resulted in high energy consumption and operating costs,
further restraining the application of in situ aeration technology to stabilize municipal
solid waste. The authors aimed to improve oxygen utilization efficiency through observing
the dynamic respiratory index and the removal of pollutants. Hence, they constructed
three continuous reactors and proposed targeted aeration and re-circulation schemes for
various landfill ages. The results imply that a well-designed reactor (aerobic, semi-aerobic,
and anaerobic systems) can effectively degrade the organic components of municipal solid
waste with various landfill ages, and gas–water joint technology is beneficial to activating
microorganisms.

Cao et al. [23] provide a comprehensive overview of oxygenated and nitrated poly-
cyclic aromatic hydrocarbons (PAHs) in soil, including the sources, quantification, inci-
dence, toxicity, and transport of these PAHs in soil. Considering the high toxicity and
distinct environmental effects of oxygenated and nitrated PAHs, their behaviors were
systematically summarized. The authors discussed the toxicity, human health risk, and
transformation of oxygenated and nitrated PAHs in soil, providing a valuable basis for the
efficient remediation of PAH-contaminated soil.

The study by Ortiz-Soto et al. [24] focused on the electrokinetic remediation of heavy-
metal-contaminated mining area soil. The electrokinetic remediation (EKR) technique was
employed to assess the migration of heavy metal contaminant from fresh mine tailings.
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Hence, a pilot EKR cell was designed to study the recovery potential of cobalt, nickel, and
copper species, and the impacts of electric field intensity, pH, and their interaction on heavy
metal recovery performance were determined. The authors found the optimized electric
field and pretreatment solution concentration for the enhanced migration of typical heavy
metals, promoting the recovery of various species and the remediation of mining area soil.

This Special Issue aims to elucidate the recent advancements and emerging challenges
in the remediation of soil and water. We hope that these valuable contributions from
outstanding scientists will inspire readers to gain new ideas for future research and promote
the development of environmental remediation.

Author Contributions: Conceptualization, and writing—original draft preparation, J.W.; conceptual-
ization, writing—review and editing, and supervision, X.C. All authors have read and agreed to the
published version of the manuscript.

Conflicts of Interest: There are no conflicts of interest to declare.
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Numerical Study of Leakage and Diffusion of Underwater Oil
Spill by Using Volume-of-Fluid (VOF) Technique and
Remediation Strategies for Clean-Up

Rengguang Liu 1,2, Shidong Ding 1,2 and Guoshuai Ju 3,*

1 State Key Laboratory of Shale Oil and Gas Enrichment Mechanisms and Effective Development,
Beijing 102206, China

2 SINOPEC Research Institute of Petroleum Engineering Co., Ltd., Beijing 102206, China
3 College of Petroleum Engineering, Northeast Petroleum University, Daqing 163318, China
* Correspondence: juguoshuai@nepu.edu.cn

Abstract: An oil spill accident will cause serious harm to marine ecology and the environment. Rapid
response and effective prevention methods are required to minimize the damage of oil spill accidents.
The critical problems that marine emergency rescue teams face are when the spilled oil reaches the
sea surface, the extent of the spilled oil, and how far they are from the drilling platform. However,
there is no reliable model to predict the diffusion distance of spilled oil. Accurately predicting the
diffusion characteristics of underwater spilled oil can provide timely and accurate information for
the treatment of oil spill accidents and guide the correct implementation of emergency treatment.
In this paper, the computational fluid dynamics (CFD) method was used to establish a two-phase
flow model for the diffusion of a submarine oil spill. The volume-of-fluid (VOF) technique was
implemented to track the interface between oil–water phases. The effects of different parameters on
leakage and diffusion characteristics were investigated by adjusting spilled oil velocity, ocean current
velocity, crude oil density, and crude oil viscosity. The logarithmic velocity profile was adopted for
ocean currents to conform to the actual flow near the sea surface. A user-defined function (UDF) was
developed and applied for CFD modeling. The focus was on analyzing the diffusion range (rising
height Hp and lateral migration distance Wp) from full-field data. The results indicate that the oil
spill velocity, ocean current velocity, crude oil density, and crude oil viscosity impact the viscous
shear force, the oil spill’s inertia force, and the current shear effect. The formula for calculating the
lateral migration distance of spilled oil under different working conditions was obtained by fitting.
The results of this study can provide a scientific basis for formulating an emergency treatment plan
for offshore oil spill accidents and minimizing the harm to marine ecology and the environment.

Keywords: drilling platform; underwater oil spill; polluted water; leakage and diffusion; VOF;
remediation strategies

1. Introduction

The exploration and extraction of offshore oil and gas resources have become essential
to solving the shortage of limited onshore oil resources globally [1,2]. However, large-scale
offshore oil and gas exploration and extraction will inevitably bring the risk of crude oil
leakage [3,4]. Many severe underwater oil spill accidents have occurred worldwide in the
past decades. For example, the Deepwater Horizon accident in the Gulf of Mexico in 2010
was the most severe offshore oil spill on record. The spill lasted three months, resulting in
a large amount of crude oil leaking at sea [5–7].

The spread of oil spills at sea will cause serious harm to the marine ecological envi-
ronment. Rapid response and effective prevention methods are required to minimize the
damage of oil spill accidents [8]. The critical problems that marine emergency rescue teams
face are when the spilled oil reaches the sea surface, the extent of the spilled oil, and how

Processes 2022, 10, 2338. https://doi.org/10.3390/pr10112338 https://www.mdpi.com/journal/processes5
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far they are from the drilling platform. Therefore, it is of great significance to predict the
underwater diffusion characteristics of spilled oil and its migration distance under the
action of ocean current for the emergency response of oil spill treatment [9,10].

For underwater oil spills, the oil phase gradually disperses in the process of rising
to the water surface under the action of buoyancy, partially dissolves in seawater, and is
biodegradable, partially deposited on the seabed and partially surfaced. Underwater oil
spills are generally divided into two stages: the diffusion and migration process in seawater
and the floating process after oil spills reach the sea surface [11]. Suppose the location
of the spilled oil can be deduced according to the marine and meteorological conditions
after the spilled oil on the sea surface is discovered. In that case, emergency remedial
measures can be taken to plug the leak point in time. After the oil comes out of the water, it
can be disposed of by means of emergency recovery, adsorption, combustion, etc. Some
of the escaped pollutants migrate with the seawater, and further through volatilization,
dissolution, sedimentation, biodegradation, etc. If we can predict the location of the spilled
oil before it reaches the sea surface, and then deal with the oil spill at the beginning of its
diffusion and drift, this will not only reduce the workload but also reduce the pollution of
the marine environment.

As the field test of underwater crude oil leakage and diffusion is difficult, it is almost
impossible to capture the entire spilled oil diffusion trajectory through experimental re-
search. With the progress of science and technology, using numerical simulation instead of
field tests has attracted the attention of researchers [4,12–14]. Many scholars are committed
to the numerical simulation of offshore oil spills to achieve more accurate prediction after
oil spills and provide a technical basis for the timely handling of accidents and the impact
assessment of accidents.

However, the underwater environment is complex, and various factors will change
the leakage and diffusion behavior of spilled oil. In this study, we use the computational
fluid dynamics (CFD) method to establish a two-dimensional numerical model of the
underwater oil spill. The volume-of-fluid (VOF) method was introduced to track the
interface between oil–seawater phases. The simulated results were in agreement with the
experimental results of Zhu et al. [15]. The effects of different parameters on leakage and
diffusion characteristics were investigated by adjusting spilled oil velocity, ocean current
velocity, crude oil density, and crude oil viscosity. The results of this study can provide
helpful information for taking emergency response measures to reduce the impact of crude
oil spillage.

2. Computational Methodologies

2.1. Governing Equations

Spilled oil and seawater are considered incompressible fluids, and it is assumed that
there is no phase transition and slip at the oil–water interface. The volume-of-fluid (VOF)
multiphase model is implemented to simulate the diffusion of underwater oil spill [16,17].
The interface tracking between the phases is accomplished by solving the continuity
equation for the volume fraction of oil–water in two phases. The VOF method has been
continuously improved and widely used for decades since it was proposed. It can naturally
keep the mass of the fluid in balance. It can efficiently deal with the large deformation of
the free surface and the change of the topology of the free surface. For calculating the fluid
volume in a cell, it is only necessary to calculate the fluid volume in the cell adjacent to the
cell. Based on this definition, the continuity equations for the oil and water phases can be
written as follows.

∂αq

∂t
+∇ · (αq

→
u ) = 0 (1)
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where
→
u is the velocity vector of the fluid, α is the volume fraction of phase q, and the

volume fraction of each phase is calculated based on the following formula:

n

∑
q=1

αq = 1 (2)

The momentum equation is calculated by using a single-velocity field
→
u acting on a

mixed fluid with a density of ρ = αq · ρq + αp · ρp and a viscosity of μ = αq · μq + αp · μp.
The momentum equation can be written as follows.

∂

∂t
(ρ

→
u ) +∇ · (ρ→u→

u ) = −∇p +∇ · τ + ρ · →g +
→
F (3)

In which, p is the pressure,
→
g is the gravity acceleration, τ is the stress tensor, and

→
F

describes the interaction forces acting on phases such as surface tension.
The realizable k-ε turbulence model is used to solve the velocity fluctuation caused

by turbulence. Due to the excellent compromise between numerical requirements and
stability, the realizable k-ε turbulence model has been widely used in industry in recent
decades [18–20]. In the realizable k-ε model, the turbulent kinetic energy (TKE) k and its
dissipation rate ε are described by the following two balance equations.

∂(ρk)
∂t

+
∂(ρkuj)

∂xj
=

∂

∂xj

[
(μ +

μt

σk
)

∂k
∂xj

]
+ Gk − ρε (4)

∂(ρε)

∂t
+

∂(ρεuj)

∂xj
=

∂

∂xj

[
(μ +

μt

σε
)

∂ε

∂xj

]
+ ρC1Sε − ρC2

ε2

k +
√

μ
ρ ε

(5)

where σk and σε are turbulent Prandtl numbers of k (TKE) and ε (dissipation rate), tGk is
the generation of TKE due to the average velocity gradient, described by:

Gk = μtS2 (6)

In which, μt is the turbulent dynamic viscosity, which are defined by:

μt = ρCμ
k2

ε
(7)

S is the modulus of the mean rate of strain tensor, described by:

S =
√

2SijSij (8)

Sij =
1
2

(
∂ui

∂xj
+

∂uj

∂xi

)
(9)

The coefficients appearing in the above equations are as follows: C1 = max
[
0.43, η

η+5

]
,

η = S k
ε , σk = 1.0, σε = 1.2, C2 = 1.9.

2.2. Geometric Model and Boundary Conditions

Under the action of ocean currents, the leaked crude oil from the wellhead will
migrate and diffuse downstream. A two-dimensional numerical simulation method is used
to capture the migration behavior and diffusion process of the spilled oil. The selected
two-dimensional geometric calculation domain is a section parallel to the current direction.
At the bottom of the calculation area is a crude oil leakage wellhead located on the seabed
and perpendicular to the calculation area, and it leaks crude oil into the sea at a certain
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speed. The density of seawater increases unevenly with the increase of depth, but in this
paper, it is assumed that the density of seawater does not change with the increase in depth.
The oil spill wellhead is located 5 m from the left and 15 m from the right endpoint. The
water depth is H = 20 m, and the wellhead size is D = 0.5 m. The overall diagram of the
geometric calculation area and boundary conditions is shown in Figure 1.

Figure 1. Underwater oil spill process.

The logarithmic speed profile is assumed for ocean currents to conform to the actual
flow near the sea surface. The current velocity flow distribution is given as:

U = U0

[
2y
H

−
( y

H

)2
]

(10)

where U0 is the maximum current velocity that appears at the free surface; in this paper,
U0 = 0.05~0.15 m/s is taken, and the maximum current velocity is located on the sea surface;
H is the water depth, y is the height variable (0 ≤ y ≤ H).

The left side of the calculation domain and wellhead are set as the velocity-inlet bound-
ary conditions. The velocity distribution of the ocean current meets the above velocity
distribution relationship. The seabed and well wall at the bottom are set as the wall bound-
ary conditions, and the other boundaries are selected as the outflow boundary conditions.

The governing equations are discretized by the finite volume method and solved by
the Semi-Implicit Pressure Linked Equation (SIMPLE) algorithm. The time step was 0.001
s, the total number of time steps was set as 4 × 104, and the total calculation time was 40 s.
The convergence criterion is 10−5 for the residual error of governing equations.

2.3. Grid Details and Grid Mesh Independence

The computational domain is meshed with structured hexahedral mesh elements, and
the mesh generation near the wellhead is denser, which can more accurately describe the
leakage state. The hexahedral mesh generation method based on topological segmentation
is adopted to obtain the topological segmentation method of the model and carry out all
hexahedral mesh generation. In the computational domain far from the wellhead, the mesh
division is sparse, reducing the calculation time while ensuring the results were accurate.

A comparison of the rising altitude of spilled oil among grid densities and the differ-
ence in the rising height between 188,702 and 285,902 hexahedral nodes is less than 0.5%
(as shown in Table 1). The grids with 188,702 hexahedral grids produce grid-independent
results per the accuracy selected to balance computational cost and accuracy. The schematic
diagram of the grid details is shown in Figure 2.

8
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Table 1. Sensitivity of grid size to simulation results.

Mesh Numbers Rising Height of Spilled Oil (m) Error (%)

54,302 17.48 /
111,502 18.57 6.24%
188,702 18.83 1.40%
285,902 18.91 0.42%

Figure 2. Computational grid and solution domain.

2.4. Model Validation

The model’s accuracy was verified according to the underwater oil spill experiment
results of Zhu et al., as shown in Figure 3. The modeling method adopted in this paper
was used to establish a matching numerical model regarding the experimental geometric
conditions and oil physical properties. As seen in Figure 3, the simulation results based
on the VOF model were in good agreement with the experimental results. Therefore, the
numerical results were reliable and can be used to study the diffusion law of underwater
oil spills.

Figure 3. Validation of CFD model against experimental data [11]. (a) oil spill experiment; (b) CFD
results against experimental data.

9
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3. Results and Discussion

3.1. Effects of the Oil Spill Velocity

Firstly, the change of oil spill morphology with time at different oil spill velocities when
U0 = 0 m/s is obtained, as displayed in Figure 4. The time variable is shown horizontally,
and the oil spill distribution at T = 5 s, T = 10 s, and T = 15 s is shown from left to
right. Longitudinal is the variable of oil spill velocity; that is, each row represents the
cloud map of oil spill concentration distribution when the oil spill velocity is 0.05 m/s,
0.10 m/s, 0.15 m/s, and 0.20 m/s, respectively, and the oil spill velocity increases from top
to bottom.

Figure 4. Analysis of influence of spill velocity on oil spill leakage and diffusion (U0 = 0 m/s).

For the different initial oil spill velocities, the lateral migration distance of spilled oil
does not change significantly with the increase of spill velocity in the absence of ocean
current, which indicates that different spill velocities have no significant impact on the
diffusion of the horizontal oil spill. Under different oil spill velocities, the changing trend
of longitudinal distance is linear with spill velocity. When the crude oil leaves the wellhead,
it is greatly affected by the initial momentum. Then, its acceleration gradually decreases as
the oil droplets float upward. The migration of spilled oil mass can be divided into two
successive stages: the accumulation stage and the buoyant droplet stage. In the floating
process, the pressure difference is the main driving force in the initial stage, and the droplet
buoyancy is the driving force in the other stages.

3.2. Effects of the Ocean Current Velocity

The ocean current velocity is the main factor affecting the diffusion of spilled oil.
Ocean current can accelerate the dilution and purification of pollutants due to their rapid
diffusion and correspondingly expand the scope of pollution. The change of oil spill
diffusion morphology with time under different ocean current velocities is obtained when
the oil spill velocity is Up = 0.15 m/s, as shown in Figure 5. Among them, longitudinal is
the time variable; that is, each line from top to bottom represents the oil–water distribution
when the time point is T = 10 s, T = 20 s, T = 30 s, and T = 40 s, respectively; the horizontal
is the maximum current velocity; that is, each column represents the oil spill distribution
with the maximum current velocity of 0.05 m/s, 0.10 m/s, and 0.15 m/s, respectively.
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Figure 5. Effects of different current velocities on oil spill leakage and diffusion (UP = 0.15 m/s).

It can be acknowledged that the length of the oil column increases with the increase
of ocean current velocity. The momentum effect loses its dominant position when the oil
column rises to a certain height. The positive buoyancy formed by the density difference
controls the free diffusion of the oil droplets, and the oil column is blown into oil droplets
under the action of the ocean current. Under the action of the ocean current, the angle
between the oil column and horizontal plane changes with the change of ocean current
velocity, mainly due to the oil column being easier to tilt along the current direction. Ac-
cording to the oil–water distribution corresponding to T = 30 s and T = 40 s, the momentum
effect of the upper half of the oil column basically disappears, and only a small amount of
oil droplets disperses. The reason is that when the oil column rises to a certain height, its
initial momentum will be weakened, which will reduce its ability to resist ocean currents,
thus forming a depression in the upper part.

The local velocity distribution of the underwater oil spill is shown in Figure 6. The
three different current velocities correspond to different oil spill diffusion areas. When
U0 = 0.15 m/s, the corresponding diffusion range is the largest, and when U0 = 0.05 m/s,
the corresponding diffusion range is the smallest. The size of the diffusion region mainly
depends on the number of dispersed oil droplets. Near the sea level, on the one hand,
the initial momentum of the oil column decreases greatly; on the other hand, due to the
large current velocity near the sea surface, the number of oil droplets is also large. When
U0 = 0.15 m/s, the crude oil will be affected by a strong current after being ejected from
the wellhead. The upper half of the oil column will be blown away to form oil droplets,
extending horizontally. At this time, the momentum of the oil column is not so significant,
and it will be affected by the greater current velocity near the surface.

On this basis, the vorticity distribution characteristics of the spilled oil at T = 40 s
are obtained, as shown in Figure 7. With the continuous overflow of crude oil from the
wellhead, the oil spill trajectory has a centralized effect. The ocean current has a significant
impact on the horizontal diffusion of the spilled oil, resulting in the dispersion effect of its
motion trajectory. The main body of spilled oil inclines to the right and diffuses upward
under the action of the transverse current, and a small part of the spilled oil diffuses to the
left under the action of free drift; in the initial stage of the oil spill, the spilled oil is mainly
distributed as dispersed oil droplets and oil blocks. With the increase of oil spill degree, a
large number of continuous oil masses and oil belts also increase, the range of underwater

11



Processes 2022, 10, 2338

pollution will also increase, and the more significant current velocity will also promote the
growth of oil droplets.

Figure 6. Influence of ocean current velocity on oil spill leakage and diffusion (UP = 0.15 m/s).

Figure 7. Contour plots of vorticity field influenced by ocean currents. (U0 = 0.15 m/s, UP = 0.15 m/s).

The rising height Hp under different maximum current velocities is compared, as
shown in Figure 8. In the first 5 s, the spilled oil has approximately the same rising height
because the oil spill leaked from the wellhead has relatively large inertia, which exceeds
the shear effect of the ocean current. The crude oil is dispersed or combined under the
joint action of gravity, inertia force, buoyancy, and shear stress, and its size changes with
time. At the same time, with the growth of rising height, the viscous shear force gradually
weakens the inertia force of the spilled oil. With the increase of Hp to 5 m, the shear effect
of the ocean current begins to strengthen, and the greater the velocity of the ocean current,
the more shear stress and kinetic energy it exerts on the spilled oil, thus the rising height of
the spilled oil is slightly increased.
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Figure 8. Rising height of spilled oil for three different maximum ocean current velocities.
(UP = 0.10 m/s).

The variation of lateral migration distance Wp with time under different current
velocities is compared, as shown in Figure 9. The oil droplets move downstream by the
shear action of the ocean current while floating. With the gradual increase of the maximum
ocean current velocity, the lateral migration distance of the spilled oil gradually increases.
When T = 10 s, the growth rate of the lateral migration distance of the spilled oil under
the water is almost the same. In comparison, when T = 40 s, the lateral migration distance
growth rate near the sea surface is significantly greater than its growth rate under the water.
The crude oil moves downstream, and the lateral migration distance increases significantly
with the decrease of water depth. The reason is that the upper seawater flow velocity is
higher, exerting greater kinetic energy on the oil flow; therefore, the seawater flow plays an
important role in the transportation and diffusion of crude oil. The impact of the actual
seawater flow velocity distribution on the spilled oil trajectory should be considered, and a
relatively accurate prediction should be made.

Figure 9. Lateral migration distance of spilled oil for three different maximum ocean current velocities.
(UP = 0.10 m/s).

3.3. Effects of the Crude Oil Density

The variation of the rising height Hp under different crude oil densities is obtained,
as shown in Figure 10. The crude oil density affects the diffusion speed and diffusion
range in seawater. The greater the density, the longer it takes crude oil to diffuse from the
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seabed to the sea surface. When ρp = 750 kg/m3, the leaked oil diffuses from the leaking
wellhead to the sea surface in about 28 s. When ρp = 900 kg/m3, the rising distance of the
spilled oil is 9.7 m at T = 28 s, which is 10.3 m different from the crude oil with a density of
ρp = 750 kg/m3 at the same time. This is because the higher the density of crude oil with
the same volume, the greater the gravity and the same buoyancy. Therefore, the vertical
upward force on high-density crude oil is smaller, and the rising speed is slower.

Figure 10. Rising height of spilled oil for three different oil densities. (UP = 0.10 m/s).

The lateral migration distance Wp with time under different crude oil densities is
obtained, as shown in Figure 11. An increase in the density of crude oil leads to a decrease
in lateral migration distance in seawater. When ρp = 750 kg/m3, the lateral migration
distance of leaked oil in seawater after about 28 s is 14.7 m; when ρp = 900 kg/m3, the
lateral migration distance of spilled oil at T = 28 s is 8.5 m, which is 6.2 m different from the
crude oil with a density of ρp = 750 kg/m3 at the same time. Before the spilled oil reaches
the sea surface, it is challenging to detect the lateral movement under the sea surface
with monitoring instruments. In addition, floating containment booms are an essential
device in the fight against coastal pollution, allowing us to contain the pollutant before its
recovery [21]. Therefore, studying the maximum horizontal movement of crude oil with
different densities is of great significance.

Figure 11. Lateral migration distance of spilled oil for three different oil densities. (UP = 0.10 m/s).
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3.4. Effects of the Crude Oil Viscosity

The viscosity is an essential quantitative parameter to characterize fluid rheology and
can indicate the difficulty of crude oil flow. The viscosity change will change the diffusion
law of spilled oil underwater. Therefore, the variation of the rising height Hp with time
under different viscosities is obtained, as shown in Figure 12. The smaller the viscosity
of the leaked crude oil, the faster the oil leakage rises from the leaking wellhead to the
sea surface, and the shorter the time. When crude oil viscosity is μ = 0.01 Pa.s at T = 30 s,
the rising distance of the spilled oil is about 15.1 m, and when the crude oil viscosity is
μ = 0.50 Pa.s, the rising distance is about 12.5 m.

Figure 12. Rising height of spilled oil for three different oil viscosities.

The variation of crude oil lateral drift distance Wp with time under different crude
oil viscosities is obtained, as displayed in Figure 13. The greater the viscosity of crude oil,
the smaller the lateral diffusion distance in seawater. At μ = 0.01 Pa.s, the lateral migration
distance of the leaked oil in the seawater after about 28 s is 13.6 m, when μ = 0.50 Pa.s
at T = 28 s, the lateral diffusion distance of the spilled oil is 11.1 m, and the viscosity at
the same time is μ = 0.01 Pa.s and crude oil has a difference of 2.5 m. The increase of the
viscosity will reduce the diffusion speed and drift speed of the spilled oil, and the oil mass
with high viscosity will also block the drift and dispersion of the spilled oil. Therefore,
the thickness of the oil film in the high-viscosity spilled oil is relatively thick; The slower
diffusion speed provides more response time for oil spill emergency response.

Figure 13. Lateral migration distance of spilled oil for four different oil viscosities.
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3.5. Parameter Fitting

According to the above analysis, the lateral migration distance Wp is an important
index to determine the impact range of an oil spill, so it is necessary to provide the
variation of Wp with oil spill time under different working conditions. According to
the numerical simulation results, the lateral migration distance Wp at different times
under various working conditions is obtained, and the parameters are fitted, as seen in
Equation (11). It is satisfied between the oil spill time and various influencing factors, and
the power relationship between the oil spill lateral migration distance Wp and various
influencing factors.

Wp = 50.8μ0.42ρ−0.45
0

(
U0Up

)0.98T1.25 (11)

Figure 14 shows fitted curves of the relationship between the simulated lateral migra-
tion distance and the model-predicted lateral migration distance. Our correlations reason-
ably agreed, within ±15%, in comparison with the numerical lateral migration distance.

Figure 14. A comparison between the numerical results and the model-predicted results using the
presented correlations.

3.6. Remediation Suggestions on Oil Spill Treatment Measures

Through the establishment of an emergency response mechanism for science, which
can effectively protect the marine ecological environment, we propose to respond to
underwater oil spill pollution. The results in this study show that it still takes some
time for the oil droplets to reach the sea surface. So, improving the sensitivity, positioning
accuracy, and response time of the oil spill early warning and detection device can maximize
the emergency management time and reduce the damage of the oil spill accident to the
environment. Emergency information construction can help people accurately judge the
scope of oil spill accidents for the first time and judge the accident level and environmental
damage risk.

In the buoyant droplet stage, the oil spill is greatly affected by the ocean current
velocity, so it is necessary to strengthen the oil spill emergency information construction,
such as real-time monitoring of the ocean current velocity change in the sea area where
the drilling is located; real-time information processing, which can be used to guide the
direction and scope of the sea area where the oil spill is spreading; and using unmanned
aerial vehicle (UAV) and satellite monitoring technology to determine the sea area where the
oil spill occurs in the shortest time, and take corresponding emergency treatment measures.

We propose strengthening the technical capacity of the emergency response team,
including regular training and drills for emergency experts and professional emergency
response teams, to improve the emergency management and disposal level of personnel;
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improving the specialization of oil spill removal equipment, such as oil spill recovery ships,
oil containment booms, oil collectors and oil spill collection and storage equipment; and
minimizing the damage to ecology and the environment as much as possible.

4. Conclusions

Using the computational fluid dynamics (CFD) method and the volume-of-fluid (VOF)
technique, the oil spill leakage and diffusion process was simulated. The effects of oil spill
velocity, ocean current velocity, crude oil density, and crude oil viscosity were analyzed,
and the rising height and lateral migration distance were obtained. The continuous oil flow
is formed after the crude oil overflows from the wellhead. Due to the small amount of oil
spilled per unit of time, after a while the continuous oil flow is interrupted by the ocean
current and the seawater turbulence. Therefore, the spilled oil is soon distributed in the
water as an oil mass. The current velocity is the main factor affecting the oil spill diffusion.
With the increase of the oil spill height, the viscous shear force gradually weakens the oil
spill’s inertia force, and the current shear effect begins to increase. The greater the current
velocity, the more shear stress and kinetic energy it exerts on the oil spill, so the oil spill’s
vertical and horizontal diffusion distance slightly increases. The higher the density of crude
oil with the same volume, the greater the gravity. The change of oil spill viscosity will
change the diffusion law of oil spill underwater. The greater the oil spill viscosity, the
horizontal and vertical migration distance of crude oil will be slightly reduced, and the
leakage and diffusion range of oil spill will be slightly reduced. The results of this study
can provide a scientific basis for formulating an emergency treatment plan for offshore oil
spill accidents and minimizing the harm to marine ecology and the environment. Later, we
will discuss different ocean current densities and crude oil mixed with natural gas.
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Abstract: The greenhouse effect is one of the concerning environmental problems. Farmland soil is
an important source of greenhouse gases (GHG), which is characterized by the wide range of ways to
produce GHG, multiple influencing factors and complex regulatory measures. Therefore, reducing
GHG emissions from farmland soil is a hot topic for relevant researchers. This review systematically
expounds on the main pathways of soil CO2, CH4 and N2O; analyzes the effects of soil temperature,
moisture, organic matter and pH on various GHG emissions from soil; and focuses on the microbial
mechanisms of soil GHG emissions under soil remediation modes, such as biochar addition, organic
fertilizer addition, straw return and microalgal biofertilizer application. Finally, the problems and
environmental benefits of various soil remediation modes are discussed. This paper points out the
important role of microalgae biofertilizer in the GHG emissions reduction in farmland soil, which
provides theoretical support for realizing the goal of “carbon peaking and carbon neutrality” in
agriculture.

Keywords: microorganism; farmland soil; greenhouse gas emission; microalgae biofertilizer

1. Introduction

Greenhouse gases (GHGs) usually refer to gases that can absorb the Earth’s thermal
radiation and enhance the greenhouse effect, mainly, carbon dioxide (CO2) and methane;
the greenhouse effect is one of the important environmental problems humans have so far
faced in the 21st century. CO2 is the single most important anthropogenic GHG in the atmo-
sphere, contributing approximately 66% of the radiative forcing by long-lived greenhouse
gases (WMO, 2019). Soil is the largest carbon reservoir in the terrestrial ecosystem [1]; the
global carbon storage in 1~3 m of soil is about 1500~2344 Gt C (1 Gt = 1015 g), which is
about three times that of the global vegetation and two times that of the atmosphere (IPCC,
2013b). However, the respiration of microorganisms, animals and roots, and the oxidation
of carbonaceous matter also produce CO2 [2]. Not only does soil produce CO2, but the
consumption of diesel, gasoline and electricity in farmland practices such as farming,
irrigation and harvesting also cause CO2 emissions [3]. The annual global emission of CH4
was about 580 million in 2021. CH4 is the second most important GHG after CO2, with
an average lifetime of about 8.75 years in the atmosphere and a contribution rate of about
15% of the greenhouse effect. The warming effect of CH4 per unit mass in 20 years is about
84~87 times that of CO2, and its warming effect in 100 years is about 28~36 times that of
CO2 [4]. The main emission sources of CH4 in agriculture are rice and livestock cultivation,
and the anaerobic environment of flooded rice fields and animal intestine create favorable
conditions for CH4 production by methanogens. The main sources of CH4 are natural
wetlands, human activities and biomass burning, and tropical regions with high CH4
emissions contribute 80% of global CH4 emissions [5]. N2O is another noteworthy GHG,
accounting for about 7.9% of the greenhouse effect. Its average lifetime in the atmosphere
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is 114 years, and its global warming potential (GWP) is 296~310 times that of CO2, which is
the main destroyer of stratospheric ozone [6]. Nitrogen fertilizer application in agriculture
is the main source of N2O, and N2O emissions caused by fertilization account for about
30% of global land emissions. Therefore, reducing N2O emissions from farmland soil is
urgent to alleviate the greenhouse effect [7–9].

At present, researchers have developed some measures and technologies for GHG
emission reduction in farmland soil, mainly including adding biochar, returning straw
to the field, and applying organic fertilizer or microalgae biofertilizer and soil improvers
(such as lime and nitrification inhibitor, etc.) [10–14]. Microbes play a crucial role in the
application of these mitigation measures and technologies. However, there are few reviews
on the role of microorganisms in GHG emissions from farmland. This review summarizes
the sources of CO2, CH4 and N2O in farmland soils, and discusses the environmental
impact factors of microorganisms in farmland soil GHG emissions and the GHG emission
reduction mechanisms of microorganisms under different soil remediation modes.

2. GHG Production in Agroecosystem

The agroecosystem is an important source of CO2. Agricultural processes generate
15 billion tons of CO2 emission, accounting for 30% of global total emissions [15]. CO2
emission from the soil is usually called “soil respiration”, which is a process of metabolism
of animals, roots, fungi and bacteria in the soil. It involves three biological processes
(plant root respiration, soil microbial respiration and soil animal respiration) and one
non-biological process (chemical oxidation of carbon-containing substances) [2,16]. CO2
in the atmosphere converts into organic matter through the photosynthesis of plants, and
then the carbon in the organic matter enters the soil in the form of root exudates, dead roots
or fallen leaves. Under the action of soil microorganisms, it is transformed into soil organic
matter and stored in the soil, forming soil carbon sink.

The agroecosystem is an important source of CH4 emissions, accounting for 15~30%
of the total emissions [17]. In soil with poor aeration, low carbon organic acids, H2, CO2
and other substances formed by the fermentation of other microorganisms generate CH4
under the action of methanogens. CH4 in the agroecosystem can be generated in two
ways: (1) organic acids in the soil environment or the degradation products of organic
acids, CO2 and H2 generate CH4 under the action of methanogens, or methanogens use
formic acid and CO to form CH4; (2) the demethylation of methyl compounds under the
action of methanogens to produce CH4. Methane-oxidizing bacteria account for the largest
proportion in dryland soil with good aeration. About 82% of CH4 is absorbed and utilized
by methane-oxidizing bacteria in the soil before being discharged into the atmosphere, and
then entering the soil ecosystem [18,19].

N2O discharged from farmland soil is mainly a by-product of microbial nitrification
and denitrification, in which nitrification is divided into autotrophic nitrification and
heterotrophic nitrification, and autotrophic nitrification is divided into two stages: (1) am-
monia oxidation stage: ammonia-oxidizing archaea (AOA) and bacteria (AOB) first oxidize
NH3 to NH2OH and then reduce it to NO−

2 ; (2) nitrite oxidation stage: NO−
2 is oxidized

to NO−
3 by nitrite-oxidizing bacteria. Heterotrophic nitrification is the transformation

of organic ammonia nitrogen into NO−
2 and NO−

3 by nitrifying bacteria and fungi in an
aerobic environment [20]. Denitrification is a process in which microorganisms reduce
NO−

3 and NO−
2 to NO, N2O and N2 in the presence of anaerobic environment and various

enzymes [21]. When the atmospheric pressure and soil moisture content change, N2O in
the atmosphere will enter the soil pores through physical diffusion, and the water and
solution in the soil will also dissolve N2O in the atmosphere, thus, introducing N2O into
the agroecosystem [22]. The production process of CO2, CH4 and N2O in farmland soil is
shown in Figure 1.
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Figure 1. The production process of CO2, CH4 and N2O in farmland soil.

3. Environmental Factors Affecting GHG Emissions of Microorganisms in
Farmland Soil

3.1. Soil Temperature

A large number of studies have shown that temperature is the main factor affecting
the production and emissions of GHG in soil [23–25]. Higher soil temperature can enhance
the root respiration of crops, accelerate the decomposition of organic matter in the soil,
improve the activity of microorganisms in the soil, and thus, accelerate the diffusion of
CO2 in soil [26,27]. Methanogens and methane-oxidizing bacteria jointly determine the
emission of CH4. Within a certain temperature, the metabolic capacity of methanogens is
positively correlated with temperature. When the ambient temperature rises from 20 ◦C
to 35 ◦C, the emission of CH4 will double. However, recent studies have proposed that
methanogens have thermal adaptability, and microbial activity decreases after long-term
warming and increases after long-term cooling [28]. Walker et al. explored the response
mechanism of soil microorganisms to temperature changes through in situ natural warming
experiments, and the results showed that microbial temperature sensitivity and substrate
consumption jointly affected soil carbon loss by controlling microbial biomass [29]. In
the experiment of soil transplantation on a 3000 m elevation gradient in a tropical forest,
every 1 ◦C increase in temperature resulted in a 4% decrease in soil carbon content. In
addition to the decomposition of soil organic matter directly caused by temperature rise,
temperature rise affected the physiological function of microorganisms, such as carbon
utilization efficiency, microbial community change and the positive feedback effect of
related enzyme activity [30]. The production of N2O in soil has biological and abiotic
pathways, and high temperature will stimulate microbial activity. Cui et al. conducted
a liquid culture of Pseudomonas mandelii at 10~30 ◦C and found that its denitrification
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activity is proportional to the temperature [31]. Studies have found that high temperature
has a more significant effect on the production of N2O by abiotic pathways, and abiotic
denitrification at 50 ◦C has the strongest effect and the highest N2O emission [32].

3.2. Soil Moisture

Soil moisture affects the emissions of GHG from soils by changing the microbial activity
and soil porosity in the soil itself. Soil CO2 emission shows a Birch effect with soil moisture:
a certain water content stimulates microbial activity and increases CO2 emission, while
too high a water content inhibits soil respiration [33]. Zou et al. studied GHG emissions
patterns under different hydrological conditions and found that CO2 equivalent emissions
were the lowest when the groundwater level was close to the surface [30]. The utilization
rate of O2, the activity of microorganisms and the diffusion ability of gas molecules in
soil are all affected by soil water content. Soil with a high water content is prone to form
anaerobic areas, which promote the growth of methanogens and denitrification, thus,
resulting in an increased emission of CH4 and N2O in soil [34,35]. The Paddy field is
the main place where CH4 and N2O are produced, and its irrigation mode significantly
affects the GHG emissions of the soil. Intermittent irrigation will inhibit the activity
of methanogenic bacteria and reduce CH4 emissions. Flooding irrigation provides an
anaerobic environment to promote denitrification, but excessive water delays the diffusion
of N2O, resulting in the reduction of N2O to N2 and N2O emission being reduced [36].
According to the above, the International Paddy Field Research Institute put forward the
water management mode of dry–wet alternation; the lower redox potential of flooded soil
is beneficial to the production of CH4, and the higher redox potential of drained soil is
beneficial to the production of N2O [37]. By controlling the time of wet–dry alternation, the
redox potential of soil is maintained at a moderately low level, and the lowest emissions of
GHG is achieved [38]. Liao et al. found that soil moisture and atmospheric temperature will
affect N2O emission by adjusting the balance between nitrifying bacteria and denitrifying
bacteria [36]. Soil moisture decreases with the increase in atmospheric temperature, which
increases the gene abundance of amoA encoding nitrification to produce N2O in soil, and
the decrease in gene abundance of nosZ (Recombinant Nitrous-oxide reductase) encoding
N2O reduction to N2, thus, increasing N2O emission [39].

3.3. Soil Organic Matter

Soil organic matter (SOM) generally refers to a type of polymer organic compound
with complex components and stable properties formed by organic residues in the soil
through microorganisms or other physical and chemical processes [40]. SOM is a major
carbon source for soil respiration and significantly affects soil GHG. Soil-activated organic
C is a substrate for microbial growth, and its content directly affects the activity of microor-
ganisms, which in turn affects the emission of GHG. Soluble organic matter content in SOM
is closely related to CO2 production in soil [41,42], and Paré and Bedard et al. found that
alkane carbon and aromatic substances in the arctic tundra ecosystem enhanced CO2 emis-
sion [43]. Wang et al. and Pascual et al. found that amines and aromatic compounds in the
soil increased significantly after straw returned, resulting in higher CO2 emissions [44,45].
SOM is the main substrate of methanogens, and the SOM content is positively correlated
with the CH4 emission [46]. Most denitrifying bacteria are chemoheterotrophic, and their
energy for production and reproduction mainly comes from soil organic matter. Therefore,
a high organic matter content provides sufficient energy for denitrification and promotes
the production of N2O [47]. Other studies have found that microorganisms decompose
organic matter and consume oxygen, inhibit soil nitrification and reduce N2O emission [48].
That this is due to the C/N in the soil directly affects the decomposition of SOM and the
activity of microorganisms, thereby inhibiting or promoting the emission of N2O from the
soil [49].
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3.4. Soil pH

The activities of microorganisms and enzymes in soil, the decomposition of organic
matter and the development of crop roots are closely related to soil pH. The influence of soil
pH on CO2, CH4 and N2O emissions is complex. The optimum pH of most microorganisms
in soil is 6–8, and too acidic or too alkaline an environment will inhibit the activity of
microorganisms and reduce the emissions of GHG. The optimal pH for the growth and
reproduction of methanogens is about 7 [50], and the acidic environment will reduce the
emission of soil CH4. N2O reductase is the only enzyme that converts N2O into N2 during
denitrification. Acidic soil will inhibit its activity or even cause its inactivation. Studies
have found that the emission of N2O in neutral soil is significantly lower than that in
acidic soil [51,52]. Therefore, adding alkaline amendments such as CaMg(CO3)2, CaCO3,
Ca(OH)2, CaO and other lime materials in acidic soil is beneficial to improve the activity of
N2O reductase and reduce the emission of N2O [53]. Shaaban et al. and Wu et al. modified
acidic soil with dolomite under different water gradients, and the results showed that soil
pH increased rapidly after dolomite application, which promoted the conversion of N2O
into N2 and reduced N2O emission [54,55]. Shaaban et al. found that the concentration
of NH+

4 -N decreased rapidly with time, while the concentration of NO−
3 -N gradually

increased after lime material was added to acidic soil, which indicated that nitrification in
soil was strengthened [56]. The microorganisms consumed N2O as an electron acceptor
instead of NO−

3 -N at higher NO−
3 -N concentrations. A large amount of N2O is converted

into N2 under the action of microorganisms, thereby reducing the emission of N2O [56].

4. Microbial-Mediated Soil Emissions Reduction Mechanism under Different Soil
Remediation Modes

4.1. Biochar

Biochar is a loose and porous substance with a high carbon content produced by
carbonization organic materials under the condition of little or no oxygen. It has the
characteristics of wide source, low cost, large specific surface area, strong adsorption
capacity and strong carbon stability. Biochar can improve soil fertility and increase crop
yield in agricultural applications. It has reportedly shown great potential in reducing GHG
emissions in soils. A large number of experiments have found that fresh biochar cannot
reduce CO2 emission in soil [57–60], while biochar has been naturally aged in field soil,
and the organic and inorganic complexes that accumulate on the surface of soil minerals
can stabilize the organic carbon in biochar, structurally increasing spatial resistance and
reducing CO2 emissions from a physicochemical perspective [61]. In addition, compared
with fresh biochar, aged biochar has a richer microbial community structure [62], and some
CO2-fixing bacteria appear, which reduces CO2 emission on the microbial level [63].

The reduction in CH4 emission by biochar is due to the joint action of physical chem-
istry and microorganisms in the soil. The application of biochar increases soil aeration
and redox potential, which results in the reduction in CH4 emission by physical–chemical
reaction. Methanogens are obligate anaerobic bacteria, which are the main microorganisms
producing CH4 in the soil. After entering the soil, biochar with high porosity inhibits the
activity of most methanogens and affects the change of microbial community in the soil [64].
Wang et al. monitored the microbial community after biochar application in soil for four
consecutive years; the experimental results showed that the abundance of methanogens in
the soil after long-term biochar application significantly decreased, while the abundance
of methane-oxidizing bacteria did not change significantly, thus, reducing the emission of
CH4 in paddy fields [65].

The short-term addition of biochar to rice soil increased the abundance of ammonia-
oxidizing bacteria (AOB) and ammonia monooxygenase gene (amoA), and significantly
increased the denitrification rate of the soil. Fresh biochar provided a stronger alkaline
environment and nutrients, and even improved the denitrification capacity and nitrogen
emission [66]. Many studies have shown that fungi make a greater contribution to N2O
production than bacteria in acid soil [67,68]. As the denitrification product of fungi is
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N2O instead of N2, reducing the number of fungi in soil can reduce N2O emissions.
Adding biochar and nitrogen fertilizer to acid soil with high N2O emission will increase
the soil pH, change the community composition of fungi, inhibit the denitrification of
fungi, significantly reduce the abundance of fungi, increase the abundance of the nosZ
gene, enhance the activity of N2O reductase, and promote bacteria to reduce N2O to
N2 [69] (Figure 2). nosZ I and nosZ II are N2O reductase coding genes widely existing
in the environment. Studies have shown that microbes containing the nosZ II gene have
greater N2O reduction potential. Some microbes containing the nosZ II gene lack the nitrite
reductase gene, so they do not produce N2O during denitrification, which provides a new
research idea for N2O emission reduction in the future.

 
Figure 2. Potential mechanism of N2O emission reduction following biochar amendment from
acidic soils.

Although biochar can improve carbon sequestration, achieve emission reduction and
adjust the abundance and activity of microorganisms related to GHG emissions in soil, it
also has the health risk of releasing heavy metals, organic pollutants, nanoparticles and
other substances to inhibit the growth and development of crops. Nanoparticles extracted
from six biochars by Zhang et al. were confirmed to inhibit the germination of rice seeds
and the growth of reed roots [70]. After biochar enters the soil, soil alkalinity will be
enhanced, which will reduce the utilization rate of trace elements such as Fe, Zn and Cu in
the soil, interfere with crop growth and even cause plant death [71]. Some studies have
found that pollutants in biochar cause serious harm to earthworms [72], and excessive
biochar directly reduces their survival rate [73]. Therefore, the application of biochar needs
to be considered in combination with the actual soil environment, nature and other factors.

4.2. Organic Fertilizer

Organic fertilizer is the best substitute for chemical fertilizer by using agricultural,
animal husbandry and industrial wastes as raw materials to turn waste into treasure.
Organic fertilizer can significantly improve soil quality, enrich the microbial community
and increase crop yield. However, studies have shown that the introduction of organic
fertilizer into the soil will increase the content of light component organic carbon, which is
more easily used by microorganisms, and the application of organic fertilizer alone will
significantly increase soil CO2 emission [74]. Wang et al. and Li et al. adopted the mode
of fertilizer reduction combined with organic fertilizer application and found that soil
carbon sequestration significantly increased and GHG emissions significantly decreased in
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double-cropping rice fields [75,76]. Studies have shown that CH4 effluxes were significantly
and negatively related to mcrA and pmoA gene copy numbers, and positively related to
mcrA/pmoA. Organic fertilizers provide substrates for methanogens and promote the
production and emission of CH4 [77,78]. Li et al. replaced a part of inorganic fertilizer
with organic fertilizer in the soil, and five substitution rates including 0, 20%, 50%, 80%,
and 100% and a no fertilizer control were evaluated on Chinese cabbage. Cylindrical PVC
chambers were placed at the center of each plot on each sampling day at 9 a.m. to collect
gas. They found that organic fertilizer could reduce the emission of N2O, and the quality
of the vegetables improved under the substitution rate of 20~50% [79]. In summary, the
rational use of organic fertilizer can not only regulate C/N in the soil, thereby changing the
dominant species of microorganisms in the soil, but also increase crop yield and alleviate
the GHG effect. Therefore, significant experimentation and research are needed to find the
best case.

4.3. Straw Returning

Straw returning is a comprehensive utilization measure widely adopted around the
world, which has the advantages of fertilizing soil capacity, improving cultivated land
quality, and increasing soil carbon reservoir and crop yield. As an agricultural renewable
resource, straw contains N, P, K, Ca, Mg and other mineral elements needed for crop
growth. The main components of straw are abundant organic carbon such as cellulose,
hemicellulose and lignin, which can improve the soil organic matter content after returning
to the field. As shown in Table 1, there are differences in the composition of straw from
different crops, which have different effects on GHG emissions in the soil after returning
to the field. Zuo et al. studied the effect of returning corn straw pretreated with white rot
fungi on soil GHG emissions, and the results showed that the emissions of CO2 and N2O
increased significantly due to the increase in C and N content [11]. Recent studies have also
suggested that straw return significantly increased the net GWP compared to non-straw
return [80], which is consistent with the results of Wu et al., who reported that straw return
increased GHG. Research on straw returning significantly increasing CH4 emissions has
been widely reported [81]. Wang et al. found that straw returning significantly increased
CH4 emissions by using the method of meta-analysis, and the comprehensive temperature
potential of GHG significantly increased by 87.1% [82]. The impact of straw returning on
N2O is still uncertain. Li et al. and Liu et al. believed that straw returning increased the
content of C in the soil, enhanced the denitrification of microorganisms in the soil, and
promoted the emission of N2O [83,84]. Xu et al. studied the impact of nitrogen fertilizer and
straw on N2O emission from winter wheat farmland. Four treatments, i.e., no N fertilizer
and no straw, straw incorporation only, N fertilizer only, and N fertilization plus straw
incorporation, were established in the experiment. They found that straw incorporation
increased the N content in the soil but had no significant impact on N2O emission [85].
Chen et al. used 15N tracing technology to study the mechanism of N2O increase after straw
return [86]. They found that the C/N ratio of straw application was negatively related to
soil denitrification, and increasing the C/N ratio of straw application could weaken the
N2O emission during denitrification. Straw returning significantly affects the soil microbial
community structure, and the dominant bacteria in the straw degradation process will also
change over time. In order to reduce GHG emissions, the strategy of straw incorporation
should be adjusted. There is a research gap in the impact of straw return on GHG, which
still needs to be studied by relevant professionals.
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Table 1. The emission data of the GHGs from straw addition.

Soil Type Straw Type GHG
Compared with No

Straw Addition
Year Ref.

Rice-wheat Rice-wheat CH4 +35.0% 2015 [87]

Rice-rapeseed Rapeseed CO2 +6.3%
2016 [88]CH4 +32.9%

Maize-crop Maize straw N2O −11.0~27.0% 2017 [89]

Rice paddy Rice straw
CH4 +39.1%

2017 [48]N2O −77.8%

Rice paddy Rice straw
CO2 +14.8~27.5%

2019 [90]CH4 +36.9~182.1%
N2O −23.5~40.6%

Rice-wheat Wheat CH4 +36.6~80.1% 2021 [91]

Rice-wheat Rice-wheat
CH4 +41.20%

2021 [80]N2O +47.50%

Rice-wheat Rice-wheat
CH4 +5.4~72.2%

2021 [92]N2O −3.3~31.4%

Wheat Wheat
CO2 +11.5~28.3%

2022 [93]N2O +37.1~48.4%

4.4. Microalgae Biofertilizer

Microalgae are widely distributed unicellular or simple multicellular microorganisms
in land, lake and sea. Microalgae can efficiently carry out photosynthesis and be used
for energy production, wastewater treatment and CO2 reduction. Microalgae biofertilizer
is mainly composed of eukaryotic green algae with high photosynthetic efficiency and
prokaryotic cyanobacteria with fixed nitrogen. Microalgae biofertilizer is rich in trace
elements and has the advantages of high efficiency, environmental protection, carbon
fixation and nitrogen fixation to reduce GHG emissions [94]. The beneficial effects of
microalgae on soil and GHG are shown in Figure 3. The photosynthetic efficiency of
microalgae is 10~50 times that of ordinary terrestrial plants. Microalgae can fix CO2 from
the atmosphere and increase O2 content in the soil by absorbing CO2 in the environment and
releasing O2 at the same time [95]. Microalgae in the soil can activate solidified phosphorus
and potassium in soil under the action of biological enzymes, improve the activity of
cationic mineral elements in soil, and promote the accumulation and transformation of
photosynthetic products. The extracellular polysaccharides secreted by microorganisms
and microalgae on the soil surface will form a layer of algal biofilm, which can increase the
carbon and nitrogen sources in the soil by sequestering CO2 and N2 in the atmosphere [96].
Marks et al. added the suspension of chlorella culture to farmland soil, accelerating the
formation of soil photosynthetic biofilm [97].

Cyanobacteria have both carbon and nitrogen-fixation functions. CO2 in the atmo-
sphere is fixed through photosynthesis, similar to green algae. The cyanobacteria are
divided into vegetative and highly differentiated heterocyst cells. Heteroplasts have a
unique nitrogenase, which can reduce N2 to NH3. Nitrate reductase and nitrite reductase in
vegetative cells convert nitrate and nitrite in the environment to NH3 through nitrification
and denitrification, increasing soil nitrogen reserves [98]. Nitrogen-containing substances
such as amino acids, sugars, polysaccharides and a small number of hormones secreted by
cyanobacteria during their growth and reproduction further increase the content of effective
nitrogen in the soil [99,100]. Ali et al. showed that the CH4 emission flux of Bangladeshi
rice soil treated with azolla and cyanobacteria was low in two consecutive rice experiments,
12% lower than that of the control [101]. Prasanna et al. conducted experiments in paddy
fields in New Delhi, India, and found that the CH4 emission of rice soil inoculated with
two kinds of Anabaena biofilm (Anabaena—Trichoderma, and Anabaena—Pseudomonas
aeruginosa) was 50~80% lower than that of rice fields under the traditional mode [102].
Shrestha et al. found that, compared with urea, microalgae biofertilizer did not significantly
increase wheat yield, but reduced nitrogen oxide (N2O and NO) emissions in soil [103].
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Zhang et al. and Hu et al. tried to combine microalgae biofertilizer with biochar or organic
fertilizer and found that the carbon sequestration ability of microalgae was significantly
improved [104,105]. The reason for this is that the addition of biochar and organic fertilizer
increases the intracellular glucose content of microalgae, and microorganisms are more
likely to obtain extracellular glucose; thus, a large amount of intracellular glucose becomes
a part of soil carbon sink, strengthening the carbon sequestration ability of microalgae. It
has been reported that microalgal biofertilizer can not only sequester carbon, fix nitrogen
and reduce GHG emissions, but the dead algal cells can be converted into organic matter
and improve soil fertility and plant yield [106]. Microalgae carbon fixation is also widely
used in the treatment of coal-fired flue gas in factories. Microalgae fix CO2 in coal-fired
flue gas through photosynthesis, and absorb NOx and SOx in flue gas as nitrogen and
sulfur sources for their own growth and reproduction [107,108]. Microalgae, the product of
industrial carbon fixation, happens to be an important source of microalgae biofertilizer,
which will become an effective medium for industrial and agricultural carbon emissions
reduction. Under the background of global green production, microalgae have broad
application prospects and are important resources for future development.

 

Figure 3. Beneficial effects of microalgae on soil and GHG emissions.

5. Conclusions and Prospects

There are many factors affecting GHG emissions from farmland soils. Soil tempera-
ture, soil moisture, soil organic matter content and soil pH, as well as other soil physical
and chemical properties change soil GHG emissions by affecting the activities of soil mi-
croorganisms and related enzymes. At present, the feasible technologies to control soil
GHG emissions include biochar application, organic fertilizer application, straw return and
microalgae biofertilizer application. However, there are heavy metals, polycyclic aromatic
hydrocarbons and other organic pollutants in biochar, which may inhibit crop growth,
reduce crop yield and affect the growth and reproduction of soil animals after application;
the organic fertilizer application and straw return require high operation and technology,
so the emission reduction effect in actual application is not stable.

Here, we emphasize a remediation mode of “microalgae biofertilizer” with future
development prospects. Microalgae biofertilizer satisfies people’s demands for healthy soil;
it achieves environmental protection, and agricultural quality and efficiency improvement
through multiple functions such as carbon fixation and nitrogen fixation, crop growth pro-
motion and soil improvement. However, there are few reports on the response mechanism
of microorganisms in soil after applying microalgae biofertilizer. Therefore, it is significant
to explore the underlying mechanism through the GHG emissions of soil after applying
microalgae biofertilizer and the metagenome sequencing technology, which will provide
important theoretical support for the development of microalgae biofertilizer.
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Abstract: The amount of food waste is increasing with the development of society and the increase
in population; the rough treatment of food waste could result in a serious environmental crisis and
waste of resources. Hydrothermal treatment is a promising scheme to achieve the harmless treatment
and utilization of food waste. Although there are many studies on the hydrothermal treatment of
food waste, there is still a lack of systematic summary and comprehensive analysis of the relevant
literature. In this review, we provide an in-depth analysis of the specific impact mechanisms of
hydrothermal conditions on the gaseous, solid, and liquid products. Meanwhile, the hydrothermal
conversion mechanisms of food waste components are systematically sorted out. The review also
discusses the potential application areas for the derived products from the hydrothermal treatment
of food waste. Finally, the main challenges and future research directions are proposed to improve
the development of the hydrothermal treatment of food waste.

Keywords: food waste; hydrothermal treatment; influence condition; applications

1. Introduction

With the improvement in the economic level and the improvement of people’s living
standards, the catering industry has developed extremely rapidly, and the amount of food
waste generated shows an increasing trend. Food waste accounts for a large proportion of
solid waste, probably ranging from 10% to 33% [1]. According to the food sustainability
index 2017 report, the national ranking of food waste production per capita is: Australia
(361 kg) > United States (287 kg) > Sweden (200 kg) > Russia (56 kg) > China (44 kg) [2].
Although China’s per capita production of food waste is relatively small, the total amount
of food waste produced in China is huge due to its large population.

Food waste is the wasted or lost part of the food supply chain [3]. In a broad sense,
food waste refers to organic waste generated in the production, sales, processing, and
consumption of food, including solid food residues, catering waste water, waste edible
oils, etc. [4]. Besides, food waste is mainly composed of starch, dietary fiber, fat, protein,
and other organic matter, which has the characteristics of high moisture content and high
organic matter [5]. However, food waste can easily induce many serious environmental
problems without proper treatment. For example, food waste will produce malodor-
ous gas and sewage in the process of storage and transportation, which will bring great
environmental hazards if these pollutants are directly discharged into the surrounding
environment.

In the past, nearly 80% of food waste could not be properly treated and recycled, which
would cause great damage to the environment and waste resources [6]. Organic carbon and
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other nutrients in food waste could be converted into energy materials and value-added
products through suitable treatment processes [7,8]. At present, food waste treatment
technology mainly includes landfill, incineration, anaerobic digestion, composting, and
hydrothermal treatment technology. The advantages and disadvantages of different treat-
ment methods are shown in Table 1. The hydrothermal method is particularly suitable for
the treatment of wet organic waste [9]. The hydrothermal treatment of food waste is a new
resource utilization method with great advantages, which could help reduce the amount
of food waste in landfills, protect the environment, and reduce greenhouse gases at the
same time [10]. Besides, the economic cost is low, because there is no need for drying [11],
and the product has a high utilization value. Therefore, the hydrothermal treatment of
food waste is an efficient way of resource utilization, which has great value in reduction,
harmlessness, and resource utilization for food waste.

Table 1. Advantages and disadvantages of different food waste treatment methods.

Treatment Process Advantages Disadvantages

Landfill
Low cost, simple technology,

more used in developing
countries

Pollution of groundwater,
occupying a large amount of

land, and no resource
recovery

Incineration
High degree of reduction, suitable
for handling hazardous or toxic

garbage

High cost, long capital
recovery cycle, and low

economic efficiency

Anaerobic digestion
High degree of automation,
diversified products, high

economic value

Need to screen suitable
microorganisms, complex
technology, discontinuous
cycle, and difficult-to-treat

biogas residue

Compost High technology maturity, low
cost

Low product value,
environmental pollution, long

cycle

Hydrothermal treatment
The product has high energy

utilization value, simple process,
low cost, and short cycle

Hydrothermal treatment
products need to be further

optimized

From 2010 to 2021 (according to ISI Web of Science™), publications related to the
hydrothermal treatment of food waste have been steadily increasing (Figure 1). Research
related to the hydrothermal treatment of food waste progressed slowly from 2010 to 2016
and accelerated after 2017. In addition, research on the hydrothermal carbonization of food
waste, which was relatively scarce before 2015, became a mainstream research process in
recent years, probably because hydrothermal carbonization products had a wide range of
applications. For hydrothermal liquefaction as well as hydrothermal gasification, there had
been a trend of increasing research year by year, but the growth rate was relatively slow.

Considering that few papers fully describe the relevant information on the hydrother-
mal treatment of food waste, this review focuses on the processing and the products of
the hydrothermal treatment of food waste. All the relevant literature is collected and
organized into three categories: hydrothermal carbonization, hydrothermal liquefaction,
and hydrothermal gasification for analysis. Firstly, the classification of the hydrothermal
process is introduced (Section 2), and then the specific influence mechanisms of hydrother-
mal parameters on the three-phase products are discussed (Section 3). Afterward, the
hydrothermal conversion mechanisms of different biomass components were explored in
detail (Section 4). As an important part, the potential applications of the value-added solid,
liquid, and gas products derived from hydrothermal treatment of food waste are partic-
ularly summarized and discussed (Section 5). Finally, the challenges and development
directions are proposed for the industrialization of the hydrothermal treatment of food
waste (Section 6). The schematic illustration of this paper was shown in Figure 2.
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Figure 1. Science Citation Indexed publications on the hydrothermal treatments of food waste in
Web of Science.

Figure 2. Schematic illustration of this paper.

2. Hydrothermal Process

Hydrothermal treatment of biomass is a very efficient thermochemical conversion
process which can transform biomass into valuable biofuels or value-added products [12,13].
According to the pressure and temperature range, the hydrothermal process is divided into
hydrothermal carbonization, hydrothermal liquefaction, and hydrothermal gasification.

At present, there are many studies on hydrothermal liquefaction and hydrothermal
carbonization and relatively few studies on hydrothermal gasification. Hydrothermal gasi-
fication requires higher temperature and pressure, and higher requirements for equipment
safety. Table 2 listed the conditions of the three hydrothermal methods.

35



Processes 2022, 10, 2439

Hydrothermal carbonization mainly converts biomass into carbon materials (hy-
drochar) in the temperature range of 180–260 ◦C under 1–8 MPa [12]. Food residue is
hydrothermally carbonized to produce fuel particles, and the prepared solid particles
have good combustion properties and can be used as household fuels [14]. Food waste
hydrochar is used as other value-added products [15]. For example, food waste could be
prepared by hydrothermal carbonization to prepare N-doped carbon dots, which had high
selectivity to Fe3+ fluorescent probes and could be used as bioimaging materials [16].

Hydrothermal liquefaction occurs generally at 260–374 ◦C under 10–22.1 MPa [17]. The
main product is high-energy bio-oil and other products. Bio-oil is a mixture of substances
with different molecular weights such as alcohol, sugar, and furan [9]. The bio-oil produced
by the hydrothermal liquefaction of food waste had good quality. The heating value
of bio-oil was as high as 34.79 MJ·kg−1, which was expected to become an alternative
fuel for petroleum [18]. In addition, food waste is rich in organic matter, which can be
hydrothermally liquefied to extract useful products. For example, the extraction rate of
pectin was as high as 11.63% by microwave-assisted hydrothermal treatment, and pectin
could be used as a thickener and had important commercial value [19].

The temperature range of hydrothermal gasification is above 400 ◦C, and the energy
consumption is very high. The main target product of this stage is synthesis gas, which
mainly includes hydrogen and methane. Supercritical water gasification of food residues
could produce hydrogen synthesis gas. The supercritical water gasification treatment
method is a reliable treatment method for the resource utilization of food waste [20].

Table 2. Classification of different hydrothermal treatment processes for food waste [21].

Hydrothermal Process
Temperature
Range (◦C)

Pressure Range Target Product

Hydrothermal carbonization 180–260 1–8 MPa Hydrochar
Hydrothermal liquefaction 260–374 10–22.1 MPa Oil
Hydrothermal gasification >374 >22.1 MPa Syngas

3. Factors Affecting the Hydrothermal Process of Food Waste

3.1. Temperature

Temperature is the most important influencing factor in the hydrothermal process,
and increasing temperature generally contributes to the reduction in food waste. An
increase in temperature will lead to a decrease in the production of hydrochar, but it will
enhance the combustion performance of hydrochar. Temperature also plays a key role
in the production of bio-oil. The elevated temperature will lead to an increase in the
production of bio-oil, which has a certain impact on the physical and chemical properties of
bio-oil, such as viscosity. In addition, temperature also affects the carbohydrates and other
components in the solution. It is necessary to control the appropriate temperature to adjust
the content of related components in the oil and liquid phase products. The production
of gas in the hydrothermal process is also greatly affected by temperature. Generally, the
increase in temperature can promote the production of clean energy gases such as hydrogen
and methane.

3.1.1. The Influence of Temperature on Solid Products

Temperature has an important influence on the production of hydrochar. Figure 3
showed the influence of temperature on hydrothermal products. The production of hy-
drochar decreased from 45% to 35% when the temperature increased from 225 to 250 ◦C
due to the intensification of decarboxylation and dehydration reactions [22,23]. In addi-
tion, temperature had an important influence on the physical and chemical properties of
hydrochar. The increase in temperature caused the HHV of hydrochar to increase from
15 MJ/kg to 31 MJ/kg. At the same time, high temperature helped to improve the combus-
tion performance and density of hydrochar [24,25]. Conversely, the increase in temperature
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lead to a decrease in the atomic ratio of O/C and (O&N)/C, indicating that the polarity of
hydrochar decreased with increasing temperature [26].

Figure 3. The influence of temperature on hydrothermal products.

Temperature plays an important role in regulating the distribution of elements in
hydrochar [27]. The increase in temperature facilitated the removal of ammonia and
enriched the nitrogen content of aromatic heterocyclic compounds in the hydrochar [28].
In addition, the increased temperature reduced the production of hydrochar [29], but the
content of carbon [16], volatile substances [30], calcium, magnesium and other minerals
in the hydrochar elevated [31]. Furthermore, the removal effect of N, S, and Cl was more
obvious when the temperature increased from 180 to 260 ◦C [32]. Especially, with the
increase in temperature, the content of pyridine nitrogen and graphitic nitrogen increased,
and the use time of carbon dots was shorter, while the content of amino nitrogen and
pyrrolic nitrogen decreased [33]. At the same time, temperature was one of the important
factors that determined the fate of phosphorus [34].

3.1.2. The Influence of Temperature on Liquid Products

The main components of bio-oil produced by the hydrothermal liquefaction of kitchen
waste are C6–C22 compounds [35]. The yield of bio-oil increased significantly as the tem-
perature increased [36–38], but the energy conversion efficiency declined with the increase
in temperature [39]. Therefore, it is necessary to determine the appropriate temperature to
ensure economic feasibility and energy conversion efficiency [40].

For biofuel preparation, the increased temperature improved the content of C and
H and decreased the viscosity. At the same time, the increase in temperature caused the
decomposition of organic acids in food waste, leading to an elevated pH of the solution [41].
In addition, the total organic carbon of the liquid also showed a downward trend with
the increase in the temperature, indicating that the increase in temperature had a cer-
tain promotion effect on the decomposition of water-soluble products [42]. Besides, the
soluble carbohydrates showed a tendency to increase first and then decrease when the
hydrothermal temperature increased from 100 to 200 ◦C [43].

3.1.3. The Influence of Temperature on Gas Products

Biogas is generated from food waste through hydrothermal gasification and hydrother-
mal pretreatment combined with fermentation or other processes. Temperature had a
positive effect on the production of hydrogen and methane [5]. What is more, elevated
temperature promoted carbon gasification efficiency when studying the kinetics of super-
critical water gasification of food waste [4]. The hydrothermal pretreatment temperature of
food waste had a certain influence on the production of biogas (hydrogen and methane)
produced by fermentation. Increasing temperature promoted the degradation of insoluble
fractions, which was conducive to the generation of biogas [44–46].
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3.2. Pyrolysis Time

The reaction time is an important factor in the hydrothermal process [47], but the
influence degree of the reaction time often needs to be determined in conjunction with other
reaction conditions. Generally, under other conditions being fixed, increasing the reaction
time helped to increase biogas production, but inhibited the production of hydrochar [48].
The effect of time on hydrothermal products was displayed in Figure 4.

Figure 4. The influence of reaction time on hydrothermal products.

3.2.1. The Effect of Time on Solid Products

The extension of time promoted the condensation reaction of degradation prod-
ucts and increased the conversion rate of hydrochar [49], which reduced the yield of
hydrochar [50,51]. In addition, the combustion performance of hydrochar improved and
the energy consumption was elevated with the increase in reaction time [52,53]. The el-
evated time leaded to an increase in the carbon content and a decrease in the content of
hydrogen and oxygen in the hydrochar [29]. In addition, the desulfurization of hydrochar
was promoted as the prolonged hydrothermal time [53], and the chlorine content in the
hydrochar was inversely proportional to the residence time [54]. Besides, residence time
had a certain effect on the shape and crystal structure of the hydrochar [55].

3.2.2. The Effect of Time on Liquid Products

Too short a time is not conducive to the hydrothermal reaction of food waste and affects
the quality of bio-oil, and excessive reaction time would increase production costs [41].
Under other conditions unchanged, the biotransformation rate and bio-oil output would
increase slightly with the time increased [36,38]. However, there was a limit to prolonging
the reaction time, increasing the reaction time was not conducive production of bio-oil if
the reaction time exceeded the limit [8].

In addition, hydrothermal treatment of olive oil waste was investigated, and the total
sterol content in the bio-oil increased significantly when the time increased from 15 to
90 min [56]. As the reaction time was prolonged, the content of ammonia nitrogen in
liquid products increased [34], and the conversion rate of monosaccharides to furans was
promoted [3].

3.2.3. The Effect of Time on Gas Products

Longer reaction times help to increase the conversion of food waste and increase
the gas-phase yield [38]. The prolongation of the reaction time was conducive to the
positive progress of the water-gas reaction, resulting in a downward trend in CO yield
and an upward trend in hydrogen production [57]. However, the output of CO2 and
CH4 accelerated with the increase in time due to the hydrolysis, decarboxylation, and
dehydration reactions [20,58].
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3.3. Catalyst

The catalyst could reduce the activation energy of the hydrothermal reaction, which
is an important influencing factor. At present, the relevant catalysts for the hydrothermal
process of food waste mainly include the following types: alkaline catalysts, acid catalysts,
metal-related catalysts, and biocatalysts. Each type of catalyst has different effects on
the hydrothermal process of food waste. The hydrothermal catalysis process requires a
lower operating environment, and the energy density and the yield of biofuels increase
significantly [59]. Therefore, it is necessary to select a suitable catalyst according to the
target product to achieve the purpose of optimal treatment of food waste.

3.3.1. Alkaline Catalysts

Different catalysts are suitable for different feedstocks in the hydrothermal process.
Alkaline catalysts have certain requirements on the acidity of lipid feedstocks [60], and the
use of basic catalysts in the hydrothermal liquefaction process may increase the hydrolysis
of macromolecules, reduce the formation of char, and stabilize the production of bio-oil [61].

Alkaline catalysts such as K3PO4, K2CO3, Na3PO4, and Na2CO3 have a good effect on
the production of biodiesel and affect the reaction rate in the transesterification reaction.
The activity of the catalysts from high to low was K2CO3 > K3PO4 > Na3PO4 > Na2CO3.
The effect of potassium salt was relatively good, but its recovery rate and stability were not
good [62].

As the usage of K2CO3 increases, the production of hydrochar decreased, and the
production of bio-oil and gas increased, indicating that hydrochar could be decomposed
to produce tar compounds [42,60]. In addition, the presence of alkaline catalysts promoted
the decomposition of short-chain compounds into simple gases. NaOH could inhibit the
formation of char and tar, resulting in a higher gas yield. As the concentration of the K2CO3
catalyst increased, the yield of H2 and CH4 increased, while the yield of CO decreased [20].
Rattana Muangrat explored the influence of alkaline catalysts on the hydrogen produced, the
results showed that the H2 production rate was in the order of NaOH > KOH > Ca(OH)2 >
K2CO3 > Na2CO3 > NaHCO3 [63]. The catalyst could promote the production of H2 from
kitchen waste by regulating the water-gas shift reaction while suppressing the production
of bio-oil and water char. In addition, NaOH could absorb part of CO2 and make the water-
gas reaction move positively, thereby increasing the H2 production rate [63]. Thus, sodium
hydroxide is an efficient catalyst for the production of hydrogen by hydrothermal gasification.

3.3.2. Acid Catalysts

The acid-base catalyst is used to convert biomass into bio-oil through a hydrothermal
reaction, the quality of biofuel is improved under the action of the acid catalyst [64].
Acid catalysts has the advantages in the conversion of cellulose raw materials for bio-oil
production [38]. In addition, acidic conditions might enhance dehydration reactions to
produce biocrude with lower H/C ratios [65].

Phosphoric acid contributed to the production of volatile fatty acids during the hy-
drothermal treatment of food waste [66]. In addition, sulfuric acid concentration had an
important effect on the efficiency of food waste conversion to 5-hydroxymethylfurfural.
The product yield increased first and then decreased when the catalyst concentration was
0.5 M. However, the product yield increased first and then decreased when the catalyst
concentration was 1.0 M [67].

3.3.3. Metal-Related Catalysts

The bio-oil performance improved after catalysis using a ceria catalyst [68]. The
homogeneous catalyst Na2CO3 or heterogeneous catalyst CeZrOx was used to promote
the reaction. The results showed that CeZrOx had a better effect, and the prepared bio-oil
had a higher heating value (HHV) and energy recovery [10]. In addition, the concentration
of the catalyst has a certain influence on the hydrothermal process of food waste. Sodium
methoxide with a concentration of 0.9 wt.% could maximize the yield of methyl esters,
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and increasing the catalyst concentration would not increase the yield [69]. Furthermore,
multicomponent metal oxides had a better catalytic effect than single metal oxides, which
might be due to the synergistic effect of acid sites and base sites on the surface of mixed
metal catalysts [70]. For example, hydrogen production was the best under the condition
of adding two catalysts (Na2CO3 and Ni/SiO2), so there was a synergistic effect between
the two catalysts [71].

3.3.4. Biocatalysts

Biocatalysts also have good catalytic performance [72]. Clamshell-derived catalyst is
used to catalyze the hydrothermal liquefaction of algae. The bio-oil production could reach
39.6 wt.% when the catalyst loading rate was 0.6 wt.%. In addition, the bio-oil production
rate dropped to 37.1 wt.% when the catalyst loading rate increased to 1 wt.% [73]. In
addition, fish bone carbon was used to catalyze waste cooking palm oil to produce biodiesel.
When the catalyst loading was 2.5 wt.%, the transesterification reaction yield reached up to
98%, because the higher density of alkaline active sites enhanced the catalytic effect [74].
Furthermore, waste coffee grounds were used to prepare nitrogen-doped solid biochar. The
biochar was used as a catalyst for the hydrothermal reaction of glucose. The results showed
that the nitrogen-rich biochar had an excellent catalytic performance on glucose and helped
to quickly convert glucose into fructose, and the reaction activity was equivalent to that of
a basic catalyst [75].

3.4. Raw Material

The composition of food waste raw materials is the most fundamental factor affecting
the hydrothermal process. The biochemical composition of food waste has a significant ef-
fect on both the oil yield and various product compositions and properties [8]. The catalyst,
temperature, and time affect the reaction process based on the raw material composition.
The influence of the chemical composition of cellulose, hemicellulose, and lignin on the
properties of hydrochar was explored, and the lignin hydrochar had a large yield, rough
surface, and more benzene rings. In addition, the hydrochar produced by hemicellulose
had higher microsphere density and oxygen-containing groups [76]. Furthermore, the
effects of carbohydrates, proteins, and lipids on the combustion and pyrolysis character-
istics of food waste hydrochar were studied, and carbohydrates helped to enhance the
thermal stability of hydrochar. Hydrothermal pretreatment could facilitate the fermentation
process and increase the production of volatile fatty acids from vegetable protein products,
while there was no significant increase in the production of volatile fatty acids from ani-
mal protein products [77]. In addition, the samples with higher starch content produced
higher calorific values, and the crude biological product rich in starch had the highest HHV
(42 MJ/kg) [78]. However, protein had little effect on hydrochar combustion character-
istics [79]. What is more, increased lipid content promoted the combustion reaction and
loss of more volatiles, bio-oil yields for meat and cheese were as high as 60% and 75%,
respectively [80]. Lipid-based bio-oil had the highest yield and protein-based bio-oil had
the lowest yield [81].

Table 3 showed the hydrochar yield of food waste and its calorific value. The yield
of hydrochar from food waste ranged from 43% to 66%. Among these, the high content
of cellulose and hemicellulose in rabbit food and sweet corn were easily hydrothermally
converted under high-temperature conditions, which lead to a lower hydrochar yield.
The presence of cellulose and hemicellulose facilitated the dehydration reaction during
hydrothermal carbonization [82]. In addition, the higher yield of hydrochar of a mixture of
food waste and yard waste was due to the fact that yard waste was rich in lignin, which was
more difficult to convert into bio-oil or biogas than cellulose and hemicellulose [83]. The
energy content of the hydrochar varied from 10 to 35 MJ/kg depending on the raw material.
The high calorific value of hydrochar in restaurant food waste might be attributed to the
high content of proteins and lipids [84–87], which could be hydrothermally converted into

40



Processes 2022, 10, 2439

small molecules with high calorific value. Therefore, the composition of the raw material is
crucial to the yield and heating value of the derived hydrochar.

Table 3. Hydrochar yield of food waste and its calorific value.

Feedstock
Temperature

(◦C)
Hydrochar
Yield (%)

Heating Value
(MJ/kg)

Reference

Dog food 234–295 55.0 26.0 [88]
Rabbit food 250 43.8 29.1 [89]

Restaurant food waste 225–275 45.0 33.6 [27]
Sweet corn 250 50.0 11.0 [90]

Grape pomace 175–275 46.5 24.3–28.3 [91]
Food waste from a

student’s hostel mess 200 48.5 30.0 [54]

Food waste and yard
waste 220 59.8 27.6 [83]

Moisture content and food waste concentration have important effects on the pro-
duction of value-added products from hydrothermal treatment. The increase in food
concentration was not conducive to the production of hydrogen, the output of CO, CO2,
CH4, and C2–C4 all increased as the food waste concentration increases [57].

Further, the binary mixtures with the synergistic effect of hydrothermal liquefaction on
crude bioproduct yield are as follows: protein and cellulose, protein and xylose, cellulose
and lignin, and xylose and lignin. On the contrary, soybean oil has an antagonistic effect
with lignin [92]. In addition, mixed hydrothermal treatment of food waste with other
substances is also an important resource utilization method [93]. Hydrochar prepared
by mixed hydrothermal carbonization of kitchen waste and woody biomass had good
combustion performance and was suitable for use as solid fuel [94–96]. In addition, the
hydrochar prepared by mixing food waste and coal according to the ratio of 1:1 had
the best calorific value (31.4 MJ/Kg) [25]. Currently, food waste hydrochar could be
used in the related fields of daily life and production in conjunction with other fuels [24].
Furthermore, the mixed hydrothermal carbonization of food waste and packaging materials
was investigated, and the concentration of raw materials affected the carbon distribution in
the product due to solubilization [27]. Although the existence of plastic was not conducive
to the stability of hydrochar, the lower content of plastic promoted the production of gas
and improved the reaction efficiency [97].

4. Hydrothermal Reaction Pathways

Food waste is mainly composed of protein, lipids, carbohydrates, cellulose, hemicellu-
lose, and lignin. The hydrothermal conversion mechanism refers to the conversion process
of raw materials reacting under hydrothermal conditions to produce the target products.
The composition of food waste is complex, and the reaction mechanisms involve a variety
of parallel chemical reactions. The specific details of the specific reaction path are unclear
and difficult to study. Therefore, the transformation mechanisms of the hydrothermal
process of food waste components needs to be explored in detail.

Figure 5 showed a schematic diagram of the hydrothermal process of different biomass
components. The conversion process mainly involved five steps: hydrolysis, dehydration,
decarboxylation, condensation, polymerization, and aromatization [6]. Lipid, protein, cel-
lulose, hemicellulose, and lignin were hydrolyzed into oligomers or monomers at relatively
low temperatures. Dehydration and decarboxylation as well as the polymerization process
also occurred during the hydrolysis process [6]. In addition, the increase in temperature
caused the decarboxylation reaction and Maillard reaction to proceed, decomposing the
monomer material [98]. The hydrolysis of carbohydrates was relatively easy, and the prod-
ucts were simple acids and hydrocarbons with low carbon content. The products of protein
hydrothermal reaction were amines, cyclic amides, organic acids, and other substances.
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Besides, the hydrothermal process of lipids would undergo the halogenation reaction to
produce alkane halides.

Figure 5. Hydrothermal reaction path of raw material components.: (a) hydrolysis; (b) decomposi-
tion; (c) dehydration; (d) polymerization; (e) deamination; (f) Maillard reaction; (g) decarboxylation;
(h) aminolysis; (i) cyclization; (j) halogenations; (k) dehydrohalogenation; (l) condensation + pyroly-
sis. Reprinted from [98] with permission from Elsevier.

5. Applications

In recent years, food waste is an untapped resource with great potential for application.
Food waste can produce value-added products through hydrothermal treatment, and
hydrochar, gas, and oil products can be widely used in all aspects of society.

5.1. Solid Product

Figure 6 showed the applications of the solid product obtained by hydrothermal treat-
ment of food waste. Firstly, the hydrothermal carbonization of food waste could produce
multifunctional application materials and biofuels [99], indicating that hydrothermal car-
bonization was an effective way of resource utilization of food waste [100]. The generated
food waste hydrochar had a higher heating value (higher heating value = ~30 MJ/kg), which
was comparable to lignite [54]. The solid fuel produced by hydrothermal carbonization of
food waste and other waste could replace traditional fuels [101,102]. In addition, food waste
was very abundant and had broad application prospects. The solid fuel prepared by the
hydrothermal carbonization of food waste and yard waste could replace up to approximately
11% of global coal consumption [83]. Furthermore, food waste undergoed hydrothermal car-
bonization to synthesize solid acid and realized the conversion of food waste into biofuel [64].

Carbon dots have good compatibility and fluorescence characteristics, which have
important uses in the fields of biomedicine, environmental monitoring, and photocatal-
ysis [103]. Food waste hydrochar could be used to prepare multi-color carbon dots to
achieve high-value utilization of food waste [104]. In addition, the nitrogen-doped pho-
toluminescent carbon nanodots generated from fish scales were rich in nitrogen and had
rich heteroatom groups, which had good application value [105]. Besides, the carbon
dots prepared from pork ribs could be used for rapid detection of dimethoate, and the
preparation process had the advantages of low cost and simple operation [103].
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Figure 6. Applications of the solid product obtained by hydrothermal treatment of food waste.

In addition, food waste could be converted into other high-value-added products
through hydrothermal carbonization. Formate is a good battery material and hydrogen
storage carrier. The food waste was hydrothermally carbonized to prepare formate, and the
yield of food residues converted into formate was up to 78% [106]. In addition, eggshells,
pomace, and clam shells as a carbon source could be hydrothermally synthesized hy-
droxyapatite [55,107,108]. The hydroxyapatite extracted from pomelo peel had the best
performance, and its shape was similar to the structure of crystalline hydroxyapatite in
human bones [55]. Furthermore, bread waste was converted into high-quality graphene
flakes by hydrothermal synthesis at a cost of only 3 $/m2, which was far lower than the
current market price (56,000 $/m2) [109].

At the same time, hydrochar has certain adsorption and catalytic capability [110]. Food
waste hydrochar is a potential high-efficiency adsorbent for water pollutants [111], and
the specific surface area and pore volume are important factors that affect the adsorption
capacity [110]. Food waste hydrochar had a good removal effect on La3+, and the maximum
adsorption capacity was up to 108 mg·g−1 [112]. In addition, hydrothermal carbonization
could recover nutrients from food waste. The hydrochar and liquid products produced
by food waste could replace about 0.96% and 2.30% of nitrogen and phosphorus-based
fertilizers, respectively [34].

Food waste can also be converted into materials for industrial applications through
hydrothermal treatment. For example, vegetable waste was converted into acetic acid by
hydrothermal method, and then the calcium acetate produced was used as a new green
deicing agent [113]. In addition, the carbon-based Fe3O4 nanocomposite prepared by the
hydrothermal reaction of pomelo peel was a good fruit magnetic solid-phase extraction
material [114]. Furthermore, the hydrochar produced from food waste had a similar
structure to pure sugars and could be used for application [75,110,115].

5.2. Liquid Product

The applications of liquid material obtained by hydrothermal treatment of food waste
were displayed in Figure 7. High-quality bio-oil was produced from food waste through
a hydrothermal treatment, which provided an effective way for the resource utilization
of food waste [116,117]. The hydrothermal liquefaction of waste edible oil can efficiently
produce green biodiesel [72].

In addition, calcined bone could act as a catalyst to promote the transesterification
reaction, significantly increasing the yield of biodiesel (up to 98%) [74]. Hydrothermal
pretreatment combined with anaerobic fermentation was a high-value utilization method
of food waste resources [118]. The chili post-harvest residue was subjected to surfactant
hydrothermal pretreatment and fermentation treatment to produce bioethanol, which
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realized the utilization of waste resources. In addition, hydrothermal pretreatment did not
require any additional treatment, and the treatment process was simple.

Figure 7. Applications of liquid material obtained by hydrothermal treatment of food waste.

Food waste (banana peel, watermelon peel, lemon peel, and tomato waste) was
hydrothermally liquefied to produce bio-oil. The addition of a catalyst (K2CO3) could
significantly improve the quality and calorific value of bio-oil [38,40,48]. The heating value
of bio-oil was as high as 38.059 kJ/kg [68]. The quality of bio-oil was upgraded to bio-diesel
through the distillation and esterification processes, indicating that bio-oil might become a
substitute for fossil fuels in the future [119]. Besides, enzyme pretreatment helped with the
production of bio-crude oil in the hydrothermal treatment process of food waste [120].

In addition, the hydrothermal treatment of food waste can produce a variety of other
high-value-added products. For instance, 1 ton of watermelon rind could produce 1.52
kg of 5-hydroxymethyl furfural through hydrothermal liquefaction, which had certain
economic feasibility and market application potential [121]. Besides, the microwave-
assisted hydrothermal treatment of mango peel could achieve efficient extraction of pectin,
and the extraction rate was as high as 11.63%. In general, pectin could be used as a
thickening agent and had important commercial value [19]. Furthermore, the product
extracted from food waste through hydrothermal liquefaction could be used as a green
binder for asphalt roads, which helped to reduce the use of crude oil [122].

5.3. Gas Product

Food waste can generate natural gas (hydrogen and methane) through hydrothermal
treatment. The preparation process is relatively complex and is divided into a single prepa-
ration process and a coupled preparation process. The single preparation process includes
hydrothermal gasification and supercritical water gasification. The coupling preparation
process includes hydrothermal reaction combined with aerobic fermentation, hydrothermal
liquefaction anaerobic digestion, hydrothermal pretreatment combined with supercritical
hydro thermalization, hydrothermal treatment combined with steam gasification technol-
ogy, and hydrothermal pretreatment combined with composting. Hydrothermal treatment
contributes to the reduction in food waste and the disposal of resources.

The cellulose is hydrothermally gasified, and the selective generation of hydrogen
could be achieved at a relatively low hydrothermal temperature [71]. Hydrothermal
pretreatment of food waste can break down cellulose into simple substances such as glucose
and can increase the ratio of protein to carbohydrate, which is beneficial for subsequent
fermentation and other processing [123].

Hydrothermal pretreatment combined with anaerobic fermentation could produce
biogas [37,124,125]. The hydrothermal process has a greater destructive effect on food
waste and promotes the production of hydrogen [126]. The hydrogen production obtained
at 200 ◦C reached the maximum value of 81.27 mL/gVS [45]. Besides, the methane yield
was as high as 511.6 mL/g, and the energy conversion efficiency was as high as 78.6% [43].
Furthermore, hydrothermal pretreatment combined with the aerobic fermentation process
could control malodorous gases [127]. For instance, hydrogen production from hydrother-
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mal pretreatment combined with anaerobic fermentation of coffee waste was seven times
higher than that by the single fermentation process [128]. Thus, the combined use of
hydrothermal pretreatment and anaerobic fermentation has good application prospects.

Hydrothermal pretreatment could reduce energy consumption and reduce costs when
food waste undergoes hydrothermal pretreatment combined with supercritical water
gasification to produce hydrogen [58]. In addition, hydrochar steam gasification is a
potentially efficient process for hydrogen production [42].

6. Challenges and Development Directions of Hydrothermal Treatment of Food Waste

1. Economic analysis of the hydrothermal process of food waste is scarce, so it is nec-
essary to analyze the economic efficiency of hydrothermal treatment to promote
industrial applications.

2. At present, the main research is intermittent experimental research, and there is almost
no research on continuous hydrothermal treatment of food waste. In addition, there
is no relevant continuous hydrothermal equipments on the market, so it is necessary
to increase the research and development of relative equipment.

3. The influence of reaction conditions has been discussed a lot regarding temperature
and time, but the specific impact mechanisms of the catalyst are unclear. At the same
time, there are few studies on influencing factors such as the aqueous phase cycle,
pressure, and heating rate. Thus, the detailed study of hydrothermal experimental
parameters should be strengthened in the future.

4. In terms of the application of hydrothermal products, there is less research on the
utilization of all components of oil, hydrochar and gas products, so it is necessary to
strengthen research in this area to improve the high-value utilization of food waste.

5. Most of the current reaction mechanisms are derived from model compounds, which
is very different from the actual hydrothermal mechanism of food waste. Therefore,
it is necessary to study the reaction mechanism of real food waste and explore the
interaction mechanism between different components.

7. Conclusions

Food waste is a potential application resource. However, it is not suitable for incin-
eration or pyrolysis due to the high moisture content of food waste. The hydrothermal
process, which does not require the drying of food waste, could be used to prepare value-
added products and has attracted widespread attention. The hydrothermal treatment
process is mainly divided into three types: hydrothermal carbonization, hydrothermal
liquefaction, and hydrothermal gasification. Temperature, time, feedstock composition,
and catalysts have important effects on the product. Temperature and catalysts are the
main external factors on the yields and properties of hydrothermal products. The intercon-
version of the solid-liquid-gas products could be achieved by changing the temperature
and catalyst, so the suitable hydrothermal processing temperature and catalyst should be
selected purposefully according to the target products. In addition, the composition of
food waste, an important intrinsic factor in the hydrothermal product, should be concerned
first for the generation of target products. The solid, liquid, and gas products derived
from the hydrothermal treatment of food waste show good potential in energy produc-
tion, environmental remediation, and new material preparation, while challenges remain.
Hydrochar has good prospects for application in environmental remediation and energy
storage, but the high production cost limits its practical application. As for the bio-oil
with a certain amount of oxygen, a cost-effective strategy for bio-oil upgradation should
be developed. Moreover, considering the complex components of the gas products, the
separation and purification of the gases urgently need to be solved. Finally, the exploration
of the hydrothermal treatment process and the design of hydrothermal equipments should
be strengthened to promote the resource utilization of food waste in the future.
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Abstract: The genotoxicity, mutagenesis, and carcinogenic effects of polycyclic aromatic hydrocarbon
(PAH) derivatives may exceed the parent PAHs. However, their influence on the soil environment
has not been explored to a large extent. Oxygenated polycyclic aromatic hydrocarbons (OPAHs)
and nitrated polycyclic aromatic hydrocarbons (NPAHs) are typical polar substituted compounds.
We offer a review of the literature on the sources, quantification, incidence, toxicity, and transport
of these compounds in soil. Although their environmental concentrations are lower than those of
their parent compounds, they exert higher toxicity. Both types of substances are basically related to
carcinogenesis. OPAHs are not enzymatically activated and can generate reactive oxygen species in
biological cells, while NPAHs have been shown to be mutagenic, genotoxic, and cytotoxic. These
compounds are largely derived from the transformation of PAHs, but they behave differently in
soil because of their higher molecular weight and dissimilar adsorption mechanisms. Therefore,
specialized knowledge of model derivatives is required. We also made recommendations for future
directions based on existing research. It is expected that the review will trigger scientific discussions
and provide a research basis for further study on PAH derivatives in the soil environment.

Keywords: soil; PAH; OPAH; NPAH; toxicity; fate and behavior

1. Introduction

Polycyclic aromatic hydrocarbons (PAHs) are ubiquitous organic pollutants. Since
Blumer [1] first reported PAHs in soil, extensive studies have been conducted to assess
PAH toxicity, environmental persistence, and stability. More than 30,000 PAHs have been
described, and 16 were listed as priority pollutants by the United States Environmental
Protection Agency. PAHs enter the environmental matrix mainly through atmospheric
emissions [2], and the global emissions of 16 priority PAHs are estimated to be 499 Gg [3].
PAHs are transported by air currents and have been recorded even in remote areas such as
Greenland and Antarctica [4,5].

These persistent organic pollutants have been well studied in the atmosphere, water,
and soil and can form related organic pollutants, termed substituted polycyclic aromatic
hydrocarbons (SPAHs). PAHs and atmospheric oxides (e.g., O3, NO2, OH) can easily
form SPAHs, which then migrate to soil and can transform into nitrated PAHs (NPAHs),
oxygenated PAHs (OPAHs), and chlorinated PAHs. Polar derivatives of OPAHs and
NPAHs have received recent attention [6,7]; in these compounds, the hydrogen on the
aromatic ring is replaced by carbonyl and nitro functional groups [7–9]. The formation and
release of these polycyclic aromatic compounds (PACs) are mainly caused by the incomplete
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combustion of fossil fuels, biofuels, and biomass. Multiple OPAHs and NPAHs have been
reported to exert greater toxicity and to be more stable than their parent PAHs [10], although
their sources are similar or identical. Therefore, these two types of organic pollutants are
often used in comparative studies [11,12].

OPAHs and NPAHs are typical polar derivatives of PAHs and have been studied in various
environmental matrices. Apart from the incomplete combustion of fossil fuels and biomass,
these compounds can be formed by photochemical reactions in the air [13]. Most research
on NPAHs and OPAHs has been conducted in their particulate airborne phase [14–17] and is
relatively mature. Since water is a fluid and unstable medium, the incidence of waterborne
SPAHs is relatively low. Soil is both a source and a sink of atmospheric pollutants and especially
for PACs produced by human activities, through both dry/wet deposition and direct air–
soil exchange. A study conducted in the UK estimated that as many as 90% of PACs were
stored in soil [18]. In recent years, more and more attention has been paid to soilborne PAH
derivatives, both the less-studied polar derivatives and pure OPAHs and NPAHs, and their
toxicity [19,20]. Because polar functional groups have the effect of soil minerals and are affected
by soil chemistry, the adsorption mechanisms of OPAHs and NPAHs may be more diverse
than those of PAHs [21,22]. In short-term incubation experiments of fertile soil, the microbial
transformation of parent PAHs was shown to produce OPAHs [23]. The water solubility of
OPAHs and NPAHs is higher than the solubility of related PAHs, which generally results in
faster vertical leaching in soil [24,25] but differing soil dynamics. In this review, we compare and
summarize the research into OPAHs and NPAHs in the soil to provide a systematic theoretical
framework for these new organic pollutants (Figure 1).

Figure 1. Structure diagram of this review.

This paper is a comprehensive review of journals, books, and related government
reports about OPAH and NPAH in the soil environment. It summarizes the sources,
detection, occurrence, migration and transformation, toxicity, and health risks. According
to the relevant content, representativeness, and the latest methodological progress, the
recent studies on OPAHs and NPAHs in soil are included in this review. This can provide a
research basis for studying the environmental behavior and fate of polar SPAHs.
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2. Sources

Unlike PAHs, which are mainly produced from incomplete combustion sources of
coal, biomass, and motor vehicle emissions, OPAHs and NPAHs can be released into
the environment simultaneously with PAHs or be formed by the reaction of the parent
PAH with free radicals such as OH and NO3 or through homogeneous or heterogeneous
reactions [26,27]. Both NPAHs and OPAHs are mainly formed as direct or indirect products
of incomplete combustion, such as of diesel and gasoline engines, or from interactions
of gaseous air pollutants. The SPAHs produced by human activities can enter the soil
through dry/wet deposition and direct air–soil exchange or as litter from contaminated
vegetation [28,29]. The concentrations of PAHs and OPAHs in soil have been shown to
be closely related [9,25]; conversion of PAHs to OPAHs in soil involves biological activity
driven by climate and soil characteristics such as pH, nutrients, and levels of organic
matter [30]. Higher biological activity is expected to result in a higher soil OPAH/PAH
ratio [23]. The higher water solubility of OPAHs and NPAHs typically leads to faster
vertical leaching in soil [22,24,25], and although the polar functional groups of OPAHs
hinder soil transport, they can also bind more easily to soil solids [31].

Soil has great storage capacity for PAHs and their derivatives since soil organic matter
is the main adsorbent of PACs [32]. Gas/particle distribution, adsorption-desorption,
volatilization, abiotic degradation, biodegradation, leaching, and bioconcentration are
important dissipation processes that affect the concentration and spatial distribution of
PACs in soil [25,33]. These processes are affected by the physical and chemical properties
of PACs, such as the octanol–water partition coefficient, octanol-air partition coefficient,
and molecular weight [34]. Soil characteristics such as carbon concentration, moisture
content, texture, structure, mineralogy, porosity, and enzyme and microbial properties are
also important factors in the fate of OPAHs and NPAHs [23,35]. Climate factors such as
temperature, precipitation, monsoon cycle, and hours of sun exposure can also affect the
formation, concentrations, and composition of OPAHs and NPAHs in soil. Overall, the soil
concentrations and spatial distribution of these compounds cannot be predicted from the
degree of human activity.

Measurements of NPAH and OPAH concentrations in the soil must take into account
isolation, leaching, volatilization, degradation, and bioconcentration [33]. Once deposited
into the soil, these compounds will mainly adsorb to organic matter and remain in the
topsoil or be transferred elsewhere through leaching, bioturbation, or colloid-assisted
transportation [36]. However, because polar functional groups are affected by soil chemistry,
the adsorption mechanisms of OPAHs and NPAHs may be more diverse [22]. Additionally,
soil biodegradation of deposited PAHs, photodegradation, thermal degradation, and
reactions catalyzed by soil inorganic constituents may all lead to the accumulation of
OPAHs and NPAHs [23,37,38]. Microorganism action is another key factor in OPAH and
NPAH accumulation. For OPAHs, the situation may be even more special. Because through
the bioremediation process, the conversion of parent PAHs to OPAHs may occur, and PAHs
containing mainly hydroxyl and carbonyl groups are generated [39]. The concentration
of PAHs in the soil can be effectively reduced through the absorption and utilization of
microorganisms [9,40], but it is not completely metabolized. The final product may be more
toxic, in this regard, has not received sufficient attention. The formation of OPAHs by soil
microorganisms has been studied, but the mechanism is still unclear.

3. Quantification

Polar derivatives of PAHs may exert greater toxicity than their parent aromatic com-
pounds and may be enriched in contaminated soil but are rarely included in routine
monitoring and risk assessment procedures because of a lack of regulations and standard-
ized analysis methods. However, the more polar SPAHs have garnered research attention
over the past few years. Studies in soil have mainly focused on the simultaneous quantifica-
tion of PAHs and their derivatives [16,41]. Wilcke et al. [42] measured the sum totals of 29
PAHs, 15 OPAHs, and four azaarenes simultaneously in surface soil in Argentina, with an
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average recovery rate of 92%. Wei et al. [43] measured the sum totals of 29 PAHs, 15 SPAHs,
4 OPAHs, and 11 NPAHs in surface soil and road dust in China using the methods of
Bandowe et al. [44]. Bandowe and colleagues measured PAHs, OPAHs, and NPAHs in
urban street dust in Africa, with recovery rates in the range of 53%–152% [45].

There is no standardized method for analyzing polar PAHs in soil, and therefore
the methods vary between study groups. Typically, the analysis is based on improved
PAHs pre-processing and testing methods or based on airborne particle analysis methods.
It is mainly composed of three steps (Figure 2): The first step is to extract the collected
soil samples and then to carry out purification and fractionation steps. The third step
is to identify and quantify the target compound. Sampling the soil from the surface or
deeper depths, freezing or air-drying (freeze-drying) the soil sample before storing it in the
refrigerator. If the soil is stored without pre-processing, a desiccant (Na2SO4, diatomaceous
earth) can be added to remove the water before or after extracting the chemicals. Soxhlet
extraction, accelerated solvent extraction, or ultrasonic extraction are used to remove
organic matter from the soil, and solvents differ by the type required for the procedure.
The complexity of the soil substrate typically requires additional purification [25,41]; this is
because the concentration of SPAHs in the environment is generally lower than that of their
parent PAHs and the methods are less sensitive to detecting these compounds. To improve
the chromatographic signal quality and signal-to-noise ratio, the interference must be
minimized. Solid-phase extraction columns or self-packed purification columns should be
used to fractionate the extract to remove impurities and separate the target contaminants.
The ratio and order of solvents used for elution will also differ. Internal and external
standards are used to quantify targets with improved accuracy [46–48]. Additionally, prior
to column fractionation, liquid–liquid extraction can be used to separate SPAHs with basic
properties from the extract to improve the analysis of these compounds further.

Figure 2. Analysis and detection procedures of polar PAHs.

Finally, the fractions after rotary evaporation and drying by nitrogen, the fractions are
typically analyzed by gas or liquid chromatography, often with mass spectrometry. Target
quantification is based on the ratio of the analytical peak area to the peak area of the internal
standard [49]. Liquid chromatography sometimes harnesses diode arrays or fluorescence;

55



Processes 2023, 11, 52

liquid chromatography with mass spectrometry uses atmospheric pressure chemical ionization
or atmospheric pressure photoionization, while gas chromatography-mass spectrometry uses
single or triple quadrupole instruments with electron ionization. To analyze OPAHs by gas
chromatography, a derivatization step is generally included to increase the volatility and
thermal stability of the molecule and reduce its surface interaction. To analyze NPAHs, mass
spectrometry is typically operated in negative ion mode to increase the sensitivity of the
target. For quality assurance, we recommend using the same analytical method for SPAHs
and measuring blank or spiked soil samples in tandem.

4. Incidence

Environmental PAHs typically accumulate in the soil, which may also be the main
storage for SPAHs. Research has mainly focused on industrial sites such as power plants,
coking plants, and wood mills [9,20,50]. There are also some reports on SPAHs in urban
soils. Work on OPAHs and NPAHs in soil has measured surface soil, road dust, and
estimated human health risks using computational models. Because PAH derivatives are
abundant, SPAHs have garnered research attention. Brorström-Lundén et al. [51] first
reported that the background values of OPAHs and NPAHs in soil differed from concen-
trations in urban areas. After that, more scholars studied OPAHs and NPAHs and found
differences in their soil concentrations between land use types (Table 1). Wilcke et al. [42]
reported the concentration distribution and correlation between parent compounds and
SPAHs in surface soils in Argentina, finding close associations between parent PAHs and
their derivatives. Bandowe et al. [44] compared the soil concentrations of 15 OPAHs and
4 NPAHs in Thailand and found relationships with trace metals and that the concentrations
and compositions of OPAHs and their parent compounds were similar, but that the ratio
of PAHs was higher, perhaps owing to strong local microbial activity and photoactivity.
Wei et al. [43] studied road dust and topsoil in Xi’an, China, and reported that PAHs and
OPAHs but not NPAHs originated mainly in combustion activities; the enrichment factor in
dust and soil was correlated with log octanol–air partition coefficient and log octanol-water
partition coefficient. A study in Ghana [45] reported the transformation of PAHs into SPAH
derivatives and the higher toxicity of OPAHs and NPAHs. Sun et al. [52] measured the
concentrations of 11 NPAHs and 4 OPAHs in agricultural soils of 26 provinces in eastern
China and reported that NPAH levels were higher than those of OPAHs, but we believe
that this study is not representative. The reason is that the number of the two types of
substances studied is quite different. Yadav et al. [53] measured SPAH concentrations in
city dust in Nepal and reported that NPAH levels were 2–5 times higher than the levels of
parent PAHs. They also concluded that the main exposure route in humans was dermal
contact. A study in surface soils in Newcastle, Australia [54] indicated that polar and
parent PAHs were widespread. Although it is an industrial city, its overall carcinogenic
risk is negligible. According to the research situation of scholars, we mainly compared
the occurrence of 14 OPAHs and 11 NPAHs in soil. According to the research situation of
scholars, we mainly compared the occurrence of 14 OPAHs and 11 NPAHs in the soil; see
Tables 2 and 3 for details.

4.1. OPAHs

For OPAHs, this review also lists a comparison table of different types of single
substances around the world (Table 2). Regardless of soil type, the abundance and
concentrations of 9-fluorenone are relatively high, which may be closely related to the
fate and behavior of its parent PAH. OPAH/PAH (1-INDA/FLUO, 9-FLO/FLUO, 1,2-
ACQ/ACENY, and 1,2-ACQ/ACEN) in the topsoil and subsoil in an industrial zone in
Uzbekistan ANQ/ANTH) > 1, the OPAHs concentration in the soil is higher than the
parent PAHs. The significantly positive correlations between carbonyl-OPAHs and trace
metals in industrial waste gas support a common source for PAHs, carbonyl-OPAHs, and
trace metals [55]. Higher OPAH concentrations have been associated with human activities,
such as low-temperature combustion [42], and the lighter OPAH is detected in the south,
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while more OPAHs were detected in the north where human activities are frequent, from
north to south 9,10-ANQ/Ant, indicating that it may originate from low-temperature
combustion. In addition, the average concentration of ∑OPAHs in street dust in Kumasi,
Ghana, is 833 ng g−1. Furthermore, the similar spatial trend of OPAH and alkyl + parent
PAHs concentrations is determined by the strong and significantly positive difference
between ∑OPAH and Σ alkyl + parent PAHs. The relevance is further confirmed [45]; the
composition mode of the OPAH in the street dust of Kumasi mainly consists of 9,10-ANQ,
B(A)FLUone, and 9-FLO. The largest amount of 9-FLO was detected in the soil of Newcastle,
a famous industrial city in Australia, with a range of 42.8–1818.1 ng g−1 [54]. Among differ-
ent land types in the city, the most abundant OPAH is 9-FLO, which, respectively, accounts
for 54.5, 44.9, 37.7, and 20.0% of the 7 types of OPAHs in residential, smoking, recreational
and industrial areas, followed by 1,4-NQ that accounts for 18.0%, 25.3%, 32.7%, and 46.4%
of industrial, smoking, residential and recreational soils accordingly. In industrial soils,
BANTone is the most common oxy-PAH, covering 36.6% of 7 oxy-PAHs. However, its
contribution to the soil of smoking areas, residential areas, and entertainment venues is
relatively small, with 4.1%, 2.2%, and 4.9%, respectively. In soil, OPAH mobility is only
slightly higher than that of the low-molecular-weight parent PAHs, which is probably due
to complex interactions between OPAHs and PAHs in soil.

4.2. NPAHs

From the perspective of 11 NPAHs that scholars have studied more in recent years,
the concentration ranges of substitutes in different land use types do not remain the
same (Table 3). Wei et al. [43] investigated the concentrations of 11 NPAHs in the surface
soils of Xi’an suburbs. The average concentration was 118 ± 52 ng g−1, and the higher
concentrations were 2 + 3-NFLA and 2,7-DNFLU. Through conducting the analysis with
the combustion tracer, it is found that these substances are not derived from combustion
activities. The total concentration of 16 NPAHs in road dust in the four cities of Nepal
is 2–5 times lower than that of the parent PAHs [56]. 2-NFLUA/1-NPYR represents the
secondary contribution from photochemical reactions. Sun et al. [52] analyzed 11 types of
NPAHs in the soil of agricultural land in 26 provinces located in Eastern China, and then it
was shown that except for 5 types of NPAH, which have a low detection rate. All other
substances are logarithmically distributed. Individual NPAH is mostly higher than the
soil concentration in other cities. In the meanwhile, from the current study, it was found
that higher Kp can make the deposition flux of NPAHs from the air. There are not many
studies on polar PAHs in soil, mainly from the above scholars. It can be found that although
more scholars have participated in the research of OPAHs and NPAHs, there are still big
problems: First of all, there are no unified standards and regulations for the standard
samples of the two types of pollutants, which leads to large differences in the research
materials of scholars, and there is no way to refer; Secondly, the research on PAC in soil
mostly focuses on the occurrence and the associated risk assessment, ignoring formation
mechanisms and the dynamics of migration into deeper levels of subsoil. Standardizing
the methods and developing techniques for studying both formation mechanisms and
migration dynamics should be the next steps in the field.
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Table 1. The occurrence of OPAHs and NPAHs in different types of soils.

Region Land Use ∑OPAHs (ng g−1) # of Oxygen-PAH ∑NPAHs (ng g−1) # of Nitro-PAH References

Gårdsjön, Sweden background area 108
8

21
9 [51]Göteborg, Sweden urban-diffuse 42–466 11–286

Patagonian,
Argentina steppe 2.4–38 15 0.05–124 4 [42]

Bangkok, Thailand urban 12–269 15 0.1–31 4 [44]
Xi’an, China suburban 854 ± 447 15 118 ± 52 11 [43]

Kumasi, Ghana urban 833 (57–4202) 10 73 (3–240) 4 [45]
East China agriculture 9 ± 8 4 50 ± 45 11 [52]

Kathmandu, Nepal

urban

99 (95–384)

3

646 (439–3930)

16 [53]Pokhara, Nepal 95 (92–433) 568 (409–2030)
Birgunj, Nepal 115 (93–348) 832 (451–1750)

Biratnagar, Nepal 606 (227–1150) 2100 (586–24,100)

Newcastle,
Australia

recreation 1515

7

211

3 [54]industry 3924 602
smoking area 644 239

resident 3649 391

Table 2. Research status of individual OPAH in soil.

Compound Abbrev Concentration References

1-indanone 1-INDA 1.6–35 (industrial area), 0.05–0.54 (steppe),
32.4–59.7 (suburban), 10.5–56.1(street dust) [42,43,45,55]

1,4-naphthoquinone 1,4-NQ 0.3–6.7 (industrial area), 2.2–10.7 (suburban),
157.7–1443.1 (industrial heritage) [43,54,55]

1-naphthaldehyde 1-NLD 1.4–20.6 (industrial area), 0.16 (steppe),
7.9–35 (suburban), 2.6–37.5 (street dust) [42,43,45,55]

2-biphenylcarboxaldehyde 2-BPCD 0.3–25 (industrial area), 2.15 (steppe),
10.9–22.8 (suburban) [42,43,55]

9-fluorenone 9-FLO

14–810 (industrial area), 1.02–2.82 (steppe),
371–1243.8 (suburban), 33.2–214.4 (street dust),

0.3–10 (farmland), 42.8–1818.1 (industrial
heritage)

[42,43,45,52,54,55]

1,2-acenaphthylenedione 1,2-ACQ 2.6–14 (industrial area),
1.2 (steppe), 2.4–6.7 (suburban) [42,43,55]

9,10-anthraquinone 9,10-ANQ

12–959 (industrial area), 0.88–8.9 (steppe),
36.7–92.9 (suburban), 18.1–1241.7 (street dust),

0.9–26(farmland), 33.2–202.7 (industrial
heritage)

[42,43,45,52,54,55]

4H-cyclopenta[d,e,f]phenanthrene-4-one CPHENone 12.2–48 (suburban), 5.6–131.2 (street dust) [43,45]

2-methyl-9,10-anthraquinone 2-MANQ 2.3–18 (steppe), 7.9–27.7 (suburban),
7.1–1602.9 (street dust) [42,43,45]

benzo[a]fluorenone B(A)FLUone 0.13–5.2 (steppe), 7.1–37 (suburban),
5.7–919.6 (street dust) [42,43,45]

7H-benz[d,e]anthracene-7-one BANTone
0.43–16 (steppe), 3.5–19.2 (suburban),

12.7–200.2 (street dust),
25.8–388.3 (industrial heritage)

[42,43,45,54]

benzo[a]anthracene-7,12-dione 7,12-B(A)A 20 (steppe), 12.1–58.1 (suburban),
0.2–8.4(farmland) [42,43,52]

5,12-naphthacenequinone 5,12-NACQ 1.5–2.4 (steppe), 2.9–28.6 (suburban) [42,43]

6H-benzo[c,d]pyrene-6-one 6-BPYRone 1.9–37 (steppe), 2–10.7 (suburban), 6.0–66.0
(street dust) [42,43,45]
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Table 3. Research status of individual NPAH in soil.

Compound Abbrev Concentration (ng g−1) References

1-Nitronaphthalene 1-NNAPH
0.4–1.8 (suburban), 0.2–267 (farmland),

51.9–77.6 (urban dust),
49.6–205 (industrial heritage)

[43,52–54]

2-Nitrobiphenyl 2-NBP 0.4 (suburban), 0.3–66 (farmland) [43,52]

5-Nitroacenaphthene 5-NACEN 0.5–3.5 (suburban), 0.7–7.7 (farmland),
35.3–47.8 (urban dust) [43,52,53]

2-Nitrofluorene 2-NFLU
0.2–0.8 (suburban), 7.5–9.2 (farmland),

21.8–631 (urban dust),
88.7–196 (industrial heritage)

[43,52–54]

9-Nitrophenanthrene 9-NPHEN 0.4–1.9 (suburban), 0.4–17 (farmland),
7.7–84.1 (urban dust) [43,52,53]

9-nitroanthracene 9-NANT 0.1–0.7 (suburban), 0.2–8.5 (farmland),
0.14–1.24 (urban dust), 21–271(industrial heritage) [43,52–54]

(2 + 3)-Nitrofluoranthenes 2 + 3-NFLA 5.2–16.3 (suburban), 0.4–29 (farmland) [43,52]

1-Nitropyrene 1-NPYR 2.3–6.0 (suburban), 8.8 (farmland) [43,52]

2,7-Dinitrofluorene 2,7-DNFLU 13.0–39.0 (suburban), 2.0–41.0 (farmland),
28.1–44.9 (urban dust) [43,52,53]

6-Nitrochrysene 6-NCHR 5.7–11.4 (suburban), 26.3–67.2 (urban dust) [43,53]

6-Nitrobenzo[a]pyrene 6-NBaP 49.9–86.1 (suburban), 50.3–65.9 (urban dust) [43,53]

5. Toxicity and Human Health Risk

Polar PACs are stable in the environment and can bioaccumulate, and exert toxic and
ecotoxicological effects [9,57]. OPAHs and NPAHs are directly mutagenic, and some are
estrogenic compounds and generate reactive oxygen species (ROS) responsible for oxidative
stress (OS) [58,59]. OPAHs, NPAHs, or the environmental matrix extracts containing
OPAHs and NPAHs, have similar or even more obvious toxicity than the related parent
PAHs or the PAHs extracts [9,10,58]. The toxicity profile of OPAHs and NPAHs can be seen
in Figure 3 outlines the toxic effects of OPAHs and NPAHs in soil.

Polar PAH has received more attention due to its toxicity, persistence, and wide
mobility in the soil environment [60]. OPAH is an important class of polar PAHs. Compared
with the parent PAH of the same ring, OPAHs have more complex carcinogenic effects
due to the existence of negatively charged atoms [61]. Usually, these carcinogenic effects
are related to non-enzymatic activation, which will promote the abnormal expression of
genes and the mutagenesis of proteins. Similarly, certain NPAHs are also listed as human
carcinogens by the International Agency for Research on Cancer (IARC) [62,63]. The
substitution of nitrogen atoms in the fused ring structure impacts the physical, chemical,
and toxicological properties of NPAHs. In soil, nitrogen may affect the absorption rate of
NPAHs and their toxicity to soil organisms. Unlike homocyclic PAHs, the high reactivity of
NPAHs and OPAHs may result in volatilization, low adsorption, and high degradation [64].
Relative to their parent PAHs, NPAHs, and OPAHs are weak bases, which can be protonated
in soil solution, depending on their basicity and on soil pH [56,65]. In most natural soils,
weak bases exist as molecules, and decreases in soil pH may produce the protonated form
(cations). These cations can bind with soil cation exchange sites, thereby increasing their
half-life and persistence [66].

5.1. Exposure

The exposure pathways are identical for polar PAHs and their parent compounds:
water, air, soil, and food through ingestion, inhalation, skin, and eye contact [67–69].
Ingestion of PAHs has been associated more with known morbidities than with other
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routes of exposure in humans [70]. NPAHs and OPAHs in the air are produced during the
combustion processes of heating, cooking, vehicular traffic, and manufacturing [71–73].
Inhalation is an important exposure route, and levels of NPAH biomarkers are higher
in urban populations than in rural ones [74,75]. Inhalation of 1-nitropyrene produced
squamous metaplasia and cytoplasmic changes in rats, with a no-observed-adverse-effect
level of 0.5 mg/m3. NPAHs have been detected in vegetables, fruits, tea, barbecued or
baked meat, water, and crop soil [15,76]. Yaffe et al. [70] estimated that the acceptable daily
intake of 1-nitropyrene in adults is approximately 9.7 × 10−7 mg/kg/day.

Figure 3. Toxic effects of OPAHs and NPAHs in soil.

5.2. Mutagenicity, Carcinogenicity, and Teratogenicity

There are many PAHs exposed through the soil, which pose a great threat to human
health [77–79]. Although PAH does not cause direct DNA damage [80], it can often form
highly reactive genetic metabolites through the “activation” effect of organisms in the
soil. For example, quinone and anthraquinone, these intermediate products that have the
potential to synthesize with DNA [81].

The toxicity of NPAHs in environmental media such as soil, sediments, and air has
been studied extensively in multiple test systems. The mutagenicity of several NPAHs
and OPAHs was tested in the Salmonella Ames assay [82,83]. For instance, it is shown
by the salmonella mutagenicity test (Ames test) that the extracts of soils collected from
several Japanese areas (n = 544) display mutagenicity. It is suspected that the mutagenicity
of these soils is related to others and shown for NPAHs such as 3,6-dinitrobenzene, 1,3,6-
trinitropyrene, 3,9-dinitroanthracene, and 3-nitrobenzanthrone [84–88]. These research
results verify the mutagenicity, genotoxicity, carcinogenicity, and estrogen activity of the
several NPAHs [73,89]. According to the published scientific research results, the human
carcinogenic risk assessment workgroup of IARC has classified several SPAHs as the
carcinogenic group. Some SPAHs have been assigned a toxic equivalency factor far higher
than that of benzo[a]pyrene [90,91].
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The mutagenicity of OPAHs and NPAHs in airborne particulates was confirmed
in vitro [92] and can be double that of the parent PAHs [60]. In the research on human
cell mutagenic agents in air-borne inhalable particles in northeast America, OPAH is
reported as a highly mutagenic compound in vitro [92]. Although in vitro and in vivo
effects of quinones have been described, little is known about the developmental toxicity
of OPAHs. Naphthoquinone binds with biological macromolecules, and the alkylation and
oxidation/reduction of benzoquinone will produce multiple toxic effects in vivo, including
oxidative stress, acute cytotoxicity, immunotoxicity, and carcinogenicity [93,94]. Owing to
the lack of toxic equivalency factors for NPAHs and OPAHs, it is impossible to correlate the
contribution of exposure from the soil with human cancer risks. Instead, the carcinogenicity
of polar PAHs is typically compared with that of the parent PAHs [52,56].

5.3. Stress and Genotoxicity

OPAH and NPAH have similar toxicity mechanisms, both of which are related to the
ability to activate aromatic hydrocarbon receptors (AhR), and the level of AhR activation
can be used as a simple toxicity indicator [83]. The ligand-binding group AhR is an intra-
cellular ligand-activated transcription complex that can activate the transcription of genes
related to cytochromes and glutathione S-converting enzymes. The specific action path
of AhR is as follows: First, the activated AhR translocates to the nucleus and binds to the
AhR nuclear transcription protein (Arnt) in the nucleus to form a heterodimer and then
triggers the transcriptional modulation of genes containing heterogeneous response ele-
ments [62,95]. The special toxicity of OPAH is reflected in oxidative stress, which is mainly
due to the imbalance between reactive oxygen species production and antioxidants [96].
OPAH toxicity may eventually lead to mitochondrial malformations and dysfunction,
DNA breakdown, apoptosis, protein and lipid degradation, mutations, and cancer [97].
At the same time, it affects the regulation of gene expression and thus plays a role in
tumors [98,99].

The in vivo mutagenicity of 2-nitro-fluorinated uranium was also shown in the soil
nematode Caenorhabditis elegans [100]. The bioluminescent bacterium Vibrio fischeri has been
used to investigate the short-term toxicity of NPAHs such as 5-nitro-acenephthene and
5-nitronaphthalene, showing that these compounds were more toxic than related PAHs [101].
In contrast, short-term exposure to 10 NPAHs in algae, Crustacea, or trees of the Platycladus
genus did not yield evidence of toxicity. A statistically significant increase in genotoxicity
was reported in a study that used the DT 40 chicken T lymphocyte bioassay to detect the
genotoxicity of soil sample extracts after bioremediation [102]. Using a bioreactor to treat
soil contaminated by PAH will increase the genotoxicity of the entire treatment cycle [47,102].
The increase in genotoxicity is attributed to the polar products produced by bioremediation.
Due to the production of OPAH and other polar, toxic PAH conversion products, increased
mutagenicity was observed after the aerobic bioremediation of soil contaminated by PAH [47].
Using air particle samples, the mutagenicity of OPAH and NPAH components from Beijing
is twice that of the parent component [60]. Due to optimization, the bioavailability of soil
pollutants may also be improved [103]. Because polar PAHs have high toxicity and potential
genetic toxicity to microorganisms, more and more scholars have studied the developmental
behavior, fate, and behavior in soil [50,104,105].

6. Transport and Transformation

Soil adsorption of polar PAHs affects their transport, fate, and ecotoxicity. Like other
semi-volatile organic pollutants, OPAHs and NPAHs in soil are absorbed into organic mat-
ter, and black carbon through nonspecific hydrophobic interactions [28], and the adsorption
strength can be described by the compounds’ mobility. NPAHs have been shown to have
lower mobility than that of their parent PAHs [70,83]. The clay fraction, in particular, is
involved in the adsorption of polar PAHs, and the intensity of specific interaction with
soil minerals and organic matter is thought to be equal to or higher than the nonspecific
hydrophobic interaction [106]. The π–π interactions of the electron-deficient NPAHs and

61



Processes 2023, 11, 52

OPAHs (electron acceptors) with the electron-rich soil organic matter and minerals (electron
donors) account for the strong interaction. Other mechanisms include the complexation
of a nitryl group and cation in clay (e.g., montmorillonite) or of siloxane-containing nitryl
group and surface oxygen in clay (e.g., kaolinite) [106,107]. Polar PAHs exhibit a high
adsorption efficiency to both topsoil and subsoil [19,106], and their concentrations are
generally higher in subsoil if the topsoil has been treated with sewage sludge for agri-
cultural purposes; in undisturbed soil. Polar PAHs have low water solubility and are
extensively distributed into the solid soil phase, suggesting only negligible vertical through
leaching [89]. OPAHs may be transported into the soil through inorganic and organic
colloid-assisted transport [19,28,50]. The strong adsorption of NPAHs onto the solid soil
phase might be influenced by wind and water erosion.

In addition, many scholars have focused on the biological migration and transfor-
mation of PACs in soil. Geng et al. [108] found that the fungi Neocucurbitaria, Penicillium,
Fusarium, Chrysosporium, Knufia, Filobasidium, Wallemia, and Rhodotorula were identified as
the keystone taxa, indicating that fungi also had important positions in the interdomain
molecular ecological networks of different seasons. Acenaphthylene, benzo[b]fluoranthene,
indeno [1,2,3-cd]perylene, benzo[g,h,i]pyrene, and 9-fluorenone were the key environmen-
tal factors driving the deterministic assembly processes of the interdomain microbial com-
munity in the contaminated soil. The combined bacterial, archaeal, and fungal community
structure showed no significant seasonal changes under natural attenuation [11,109]. How-
ever, for single microbial communities, bacteria were more sensitive to seasonal variations
than fungi and archaea. Similarly, bacteria have been reported to be sensitive to changes in
environmental conditions in other studies [110–112]. The differences in sensitivity between
bacteria, archaea, and fungi may be due to a large number of contaminant-degrading
species in bacteria and the distinctive differences in cellular structure and physiological
activity among them [108]. In addition, environmental filtering could govern microbial
community assembly [113,114]. These findings extend our knowledge of interdomain
microbial community assembly mechanisms and ecological patterns in natural attenuation
and provide valuable guidance in associated biotransformation strategies.

As the generation process of PAH derivatives in the soil is relatively irreversible, with
the conversion of more parent PAHs to SPAHs, the occurrence of SPAHs in the soil will be
greatly accumulated. To our knowledge, no studies have been published on the gas-phase
transport of OPAHs or NPAHs in soil, but this transport may be extremely limited because
of the compounds’ low volatility and strong adsorption to soil. The polar PAHs have
low vapor pressure, high octanol-air partition coefficient, and strong adsorption onto soil;
therefore, their volatility is estimated to be low. There are still few studies on the fate
mechanism of OPAH and NPAH in soil, and further research is needed.

7. Summary and Outlook

This review focused on the state of knowledge in the detection, incidence, toxicity,
and fate of OPAHs and NPAHs in soil. SPAHs represented by OPAHs and NPAHs are
widespread in the soil environment, and their toxicity and mutagenic properties are more
obvious, and their accumulation in organisms is also more complicated. Although their
soil concentrations are generally lower than those of their parent compounds, OPAHs and
NPAHs are persistent and may pose health risks. Unified testing standards and regulatory
control of these compounds are urgently needed, as is research on their exchange between
environmental media. The research on related pollutants in the soil also only focuses on
the occurrence of surface soil or dust and health risks, and there is a lack of research on the
exchange of other media with soil. The adsorption mechanism and vertical distribution
in soil and groundwater, as well as the partition between soil solids and pore water, have
not been reported. It is also necessary to conduct soil column experiments and infiltration
instrument research to simulate its vertical migration in the soil. Due to the lack of relevant
research data above, it is necessary to strengthen research to more clearly understand
the fate and behavior of OPAHs and NPAHs in the soil environment. According to the
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reviewed articles, we can prove that the two types of substances exist and have higher
mobility in the soil environment and may cause greater risks to organisms. It could be
concluded that PACs should be included in monitoring plans and risk assessment models
in the future.
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Abstract: In the present study, the assessment of heavy metal contaminant migration from fresh
mine tailings was conducted using the electrokinetic remediation technique (EKR). In this sense, a
pilot EKR cell was designed to evaluate the recovery potential of copper, nickel, and cobalt species.
In particular, the focus was on the impacts of electric field intensity and pH in initial mixture and
testing their interaction in copper, nickel, and cobalt migration. Experiments were made using
a 22 factorial experimental design with a central point, using DC electric fields from 1.0 to 2.0 V
cm−1 and H2SO4 pretreatment solutions from 1.0 to 2.0 mol L−1, along with an ANOVA test with
error reduction. The metal removal rates were approximately 7% for cobalt, neglectable for copper,
and 6% for nickel. In the best cases, the highest concentrations by migration at the cathodic zone
were 11%, 31%, and 30%, respectively. According to ANOVA tests, factor interaction was proven
for each metal in the half cell near the cathode and the closest zone from the cathode specifically.
Both factors affected metal concentrations, which indicates that when the goal aims for species
accumulation in a narrower section, each factor has a significant effect, and their interaction makes a
proven enhancement. Thus, using 2.0 V cm−1 and 2.0 mol L−1 showed a high improvement in metal
concentration in the cathodic zone.

Keywords: electrokinetic remediation; heavy metal removal; mine tailing

1. Introduction

Heavy metals in soils are a complex, worldwide, urgent issue due to their toxicity
and persistence [1]. Regarding mine tailings, given their magnitude and variety of heavy
metals, their natural mechanisms of diffusion/advection allow them to be transported
away from their confinement [2,3], risking various elements of ecosystems, such as water
reservoirs [4], food [5], and the first link in the marine trophic chain [6], which directly
impacts human health and the environment.

The mining industry has contributed immensely to the generation of heavy-metal-
containing residues, including cobalt and nickel, which both have moderate toxic effects [7–9].
Therefore, every effort to remove these residues from the environment—including prevent-
ing their emanation, if possible—is urgent, especially when mining waste disposal methods
are being revised to make mining a more sustainable industry [10,11]. To achieve removal
of the residues, several technologies have been developed aiming for control and/or re-
mediation, such as soil flushing, biological processes such as phytoremediation [12] and
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bioremediation [13], and electrochemically assisted processes, especially electrokinetic
remediation (EKR) [14–16]. Although each technology has its benefits, soil flushing has
problems due to the extent of extraction agents, and phytoremediation/bioremediation has
complications in mine tailings because of a lack of nutrients. When phytoremediation and
bioremediation are effective, they carry a potential risk of reintroducing these pollutants in
the local trophic chain. On the other hand, the application of electricity allows the migration
of ions contained in the liquid phase or available on the solid surface, regardless of how
low their concentrations are. Therefore, this technology can transform mining residues
into a potentially profitable asset regardless of energy consumption, since it can extract
valuable inorganic species from depleted sources and can be applied in situ without the
need to modify tailing dams. These advantages, in a global remediation market worth
USD 30 billion [17], can make it more economically attractive. A few studies have been
performed in mine tailings with this technology [18–24], also specifically in Chilean mine
tailings [25–30], typically using a strong acid such as sulfuric acid to extract metals from
the solid phase. The most fundamental factors in EKR are the electric field and acid concen-
tration in the pretreatment solutions, even though this analysis has been conducted in one
prior study [31], but it checked only one of the EKR sections.

For the aforementioned reasons, this study aims to establish the effect of the pH of
the initial mixture (mine tailings with a 20% humidity by using an acid solution) and
the electric field intensity applied between the electrodes in the metal migration yield in
an EKR cell by identifying and assessing their interaction. A 22-factorial experimental
design has been applied with a central point, in which the factors are the intensity of
the electric field and the sulfuric acid concentration in the pretreatment solution, and an
ANOVA test was performed in every partition of the cell, in addition to a MonteCarlo
simulation for error reduction and migration difference verification between partitions and
between experiments.

This statistical approach, which aims to establish more reliable conclusions with a
better error propagation control, has never been applied in this way to fresh Chilean copper
mine tailings for copper migration. Furthermore, cobalt and nickel EKR in this kind of
solid have never registered before.

2. Materials and Methods

2.1. Tailing Samples and Reagents

Mine tailing samples were obtained from a copper processing plant in northern
Chile, in the Punta del Cobre belt. According to del Real [32], copper ores from this
region normally present copper as Chalcopyrite CuFeS2, and the cobalt and nickel content
normally appears in pyritic matrix by substitution Fe(Co,Ni)S2. The sample was dried
at 105 ◦C for several days until a constant weight was achieved, and the sample was
pulverized in a ball mill to reduce particle size to below 500 microns, thus making it all a
uniform size. Solid main characteristics are detailed in Table 1.

Table 1. Sample metal content, pH, and particle diameter.

Parameter Value

pH 8.04 ± 0.06
Particle diameter, μm 212–350

Cu total concentration, mg kg−1 486.50 ± 5.50
Co total concentration, mg kg−1 89.10 ± 5.50
Ni total concentration, mg kg−1 31.00 ± 1.40

H2SO4 (95%, analytic grade) was used to make different solutions used in this study:
5% (v/v) and 1.0, 1.5, and 2.0 mol L−1 each. Additionally, HNO3 (65%, analytic grade) was
used to form a 1:1 solution in volume, equivalent to 7.17 mol L−1. CaCl2 was used to form
a 0.01 mol L−1 solution. HCl (37%, analytic grade) was needed without previous dilution.
Distilled water was used when needed for every solution described.
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2.2. Experimental Disposal and Measuring

As in Figure 1, an acrylic cell was used as a three-chamber container, separated by n◦
131 filter paper. In the central chamber, a wet tailing (20% mass of H2SO4 solution to achieve
solid saturation) sample was placed. In each extreme chamber, titanium electrodes and
electrolytes were added from H2SO4 solutions, setting pH at 2 for the cathodic chamber and
4 for the anodic chamber. Each electrode was connected to an Extech 382,285 power supply
and an Aktatum AMM-1139 multimeter. During operation, electrolytes were monitored
and controlled during day hours via measurement of pH. To avoid hydroxide precipitation
in the cathode, a few drops of sulfuric acid solution were added when needed. No pH
control was possible during the night.

 
(a) (b) 

Figure 1. EKR cell disposal. PS: power source. IRI: multimeter with data acquisition. (a) upper view;
(b) front view. Numbers 1 through 6 are partitions used for measuring concentration results.

In each seven-day experiment, different sulfuric acid concentrations—the initial sam-
ple pH values of which varied from below 4.0 to 7.0, which allowed a different metal
solubilization and electric field strength—were used. It was expected that a different metal
migration extent for copper would result from varying the applied current; therefore,
their current densities in five combinations are shown in Table 2. Effective operation time
represents the time during which electrical current is applied through the cell before com-
plete passivation. However, even with different effective times in some experiments, the
electrical currents are in a similar range, and some experiments are comparable in these
parameters. When the operation was completed, humid soil samples were taken from
central chamber; divided into each one of six equal length partitions, as shown in Figure 1;
numbered from 1 (nearest to anode) to 6 (nearest to cathode); and dried at 105 ◦C for 24 h.
Next, total and soluble metal contents were measured in duplicate.

Table 2. Experimental design.

Experimental
Number

Electric Field
V cm−1

H2SO4 Concentration
mol L−1

Sample pH at
Beginning of Trial

Average Electrical
Current mA

Effective Operation
Time Days

1 1.0 1.0 6.93 ± 0.04 45.21 7.0
2 1.0 2.0 3.91 ± 0.02 157.48 7.0
3 2.0 1.0 7.04 ± 0.01 85.57 6.1
4 2.0 2.0 3.79 ± 0.03 339.63 7.0
5 1.5 1.5 4.51 ± 0.03 107.12 4.7

Total and soluble metal concentrations were determined for each partition and for the
initial sample of mine tailing. In the case of total content, Danish Standard DS259:2003 was
used by taking a 1 g sample of dried solid with 1:1 volume HNO3 solution and placing the
capped flask into the autoclave for 1 h at 200 kPa and 120 ◦C. Once the flask was cold, the
solution was vacuum filtered with 0.45 μm filter paper, and distilled water was added to
the filtered solution to make up 100 mL.
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For the soluble content, 5 g of each sample was mixed with a 5% (v/v) H2SO4 solution
for 30 min then vacuum filtered with 0.45 μm filter paper. Then, the filtered solution was
mixed with 10 mL of HCl to form a 100 mL solution by adding distilled water. Liquid
solutions in both cases were taken for measurement in Flame absorption spectrophotometry
(AAS) in a Thermo Scientific M5 spectrometer.

2.3. Calculations

In EKR, a series of process performance indicators are usually required and are related
to relevant species migration assessment throughout the entire cell, besides the need for
statistical veracity conclusions. In this paper, the process is described in the following text.

2.3.1. Process Indicators

In this study, two indicators of metal ion movement were used, namely normalized
metal concentration (κ) (Equation (1)) and global removal (Equation (2)).

κe,I = Ce,i/Ce,initial (1)

Total removale = (me,initial−me,final)/me,initial·100% (2)

where C is the concentration (in mg kg−1) and m is the mass (in mg) throughout the whole
cell. The subscript e indicates the species (Co, Cu, or Ni), and the subscript i indicates the
partition considered (1 to 6), which are the solid sections of the cell central chamber in
which each measurement was made after every EKR experiment, aiming for a description
of their trajectory, as described in Figure 1.

2.3.2. Statistical Indicators

To ensure more solid conclusions, the statistical design of the experiments was utilized
to determine the analyzed factors’ effects: an Analysis of Variance [33] (ANOVA) was
performed with 10% significance in every normal metal concentration (each metal and each
partition, total and soluble), calculated as p-values (Equation (3)).

p − Value = P(F > f0,u,v) =

∞∫
f0,u,v

f(x)dx (3)

where f(x) is Fisher’s probability distribution with u degrees of freedom in the numerator
and v degrees of freedom in the denominator. f0,u,v is the variance ratio between each
analyzed factor and experimental error. When the p-value is lower than the significance
level, the incidence of the factor in metal concentration in a particular partition is proven,
with each factor as follows: electric field, acid concentration in pretreatment solution, and
their interactions.

In order to establish significant differences in statistical terms, confidence intervals are
needed. Since the sample data are reduced, statistically accurate conclusions are limited.
Nonetheless, it is possible to mitigate its effect using the Monte Carlo method [34].

The sample standard deviation was calculated according to Equation (4) for each
direct measurement.

sCm,i =

√(
Cm,i1 − Cm,i

)2
+
(
Cm,i2 − Cm,i

)2

n − 1
(4)

where sCm,i is the sample standard deviation for each metal m of normalized concentration
in partition i (or initial), Cm,i1 and Cm,i2 are the measurements of each replicate, and Cm,i is
the average concentration of both replicates, all in mg kg−1; n is the sample size.

Then, 3000 sets of 100 numbers were generated with the generator from Microsoft
Excel® using a normal distribution, where the population means and the standard devia-
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tions were their corresponding average concentrations and sample standard deviation in
each case, respectively.

Later, each standard deviation of the normalized concentrations was determined from
their indirect standard error, considering independence between samples (Equation (5)).

ακm,i,s,r =

√(
αCm,i,s,r /Cm,0,s,r

)2
+
(
−αCm,0,s,r ·Cm,i,s,r/Cm,0,s,r2

)2
(5)

where ακm, i,s,r is the standard error for each metal m of normalized concentration in
partition i, from experiment s. For the set r, αCm, i,s,r and αCm,0,s,r are the standard error of
each metal of m concentration in partition i (or initial) for the experiment, respectively,
from experiment s. Each one was calculated by dividing the sample standard deviation by
the square root of 100. Cm,i,s,r and Cm,0,s,r are the average concentrations of each partition
and initial in mg kg−1.

Finally, the confidence interval, with a confidence level of 90%, is shown for
each normalized concentration and difference between each possible pair (Equat-
ions (6) and (7)), respectively.

κ′m,i,s =
∑3000

r=1

(
Cm,i,s,r
Cm,0,s,r

± t5%,99·ακm,i,s,r

)
3000

= κm,i,s ± 1.660·ακm,i,s (6)

κ′m,i,s − κ′m,j,b = κm,i,s − κm,j,b ± t5%,DF·
√

ακm,i,s
2 + ακm,j,b

2 (7)

where κ′m, i and κ′m, j are the population means of normalized concentrations of metal m in
partitions i and j for the experiments s and b, respectively. κm,i,s and κm,j,b are the average of
the 3000 sets of normalized metal m in partitions i or j for experiments s and b, respectively.
ακm,i,s and ακm,j,b are the average indirect standard errors. t5%,99 is the t-Student statistic
parameter for bilateral confidence intervals for the chosen confidence level and 99 degrees
of freedom. t5%,DF is the same parameter type, but it is calculated for the confidence interval
for differences between population means [33], considering equal variances between both
treatments (Equation (8)).

DF =

⎡
⎢⎣
(
ακm,i

2 + ακm,j
2
)2

ακm,i
4 + ακm,j

4 ·99

⎤
⎥⎦ (8)

For concentration profiles, error bars are calculated from confidence intervals as
Equation (6), and total removals are exhibited with their respective confidence intervals by
the same method.

3. Results and Discussion

3.1. Cobalt

Indicators of cobalt total concentration achieved by experiments are shown in Figure 2.
It was not possible to detect soluble concentrations of cobalt throughout the EKR cell,
except for partition 6 in experiment 4, in which a concentration of 4.16 ± 0.30 mg kg−1 was
observed. This phenomenon can be suggested from the work of del Real et al. [32] since the
principal copper ore from the Punta del Cobre belt, where the sample is from, is Iron Oxide
Copper-Gold (IOCG). In this kind of copper ore, cobalt is commonly present as sulfide, and
in this mineral, the cobalt solubilization is extremely low, even in acidic environments [35].

After analyzing the results, cobalt migration was not observed in experiments 1, 2, and
5 since there are no statistically significant differences between any couple partitions. This
was observed by noticing that all error bars for those experiments shared common values.
Regarding experiment 3, partition 1 is significantly lower than any other partition near the
cathode in the same experiment considering the error bars of partition 1 are lower than for
partitions 4, 5, and 6. Between any other pair, this difference is not proven; thus, cobalt
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depletion was proven near the anode and migrated to every other partition equally. These
results suggest that cobalt removal, at least from the anodic zone, is more influenced by
voltage drop than acid concentration. In the case of experiment 4, partition 6 is significantly
higher than any other partition in that experiment because its error bars are considerably
higher than other partitions. Therefore, in this experiment, cobalt migration was observed
seemingly from every cell sector to partition 6.

 

Figure 2. Total cobalt concentration profiles.

When comparing experiments, there is no difference in partition 1 for any experiment;
therefore, cobalt removal in the anodic zone is indifferent to analyzed operating condi-
tions. Regarding partition 6, results showed that experiment 4 raises cobalt concentration
higher than any other experiment, and experiment 1 presents lower concentrations than
experiments 2 and 3. This indicates that the most aggressive operation conditions are more
effective in concentrating this species in the cathodic zone, reaching an 11% augmentation.
On the other hand, minimally aggressive conditions are less effective in cobalt accumula-
tion near the cathode than when a higher electric field or more acid initial solution is used.
In addition, no difference was observed in this partition between experiments 2, 3, and 5.
It can be suggested that their conditions are equivalent in the aim of concentrating cobalt
near the cathode. From these results, it can be observed that cobalt migration is strongly
promoted by using an electric field of 2.0 V cm−1 and a 2.0 mol L−1 acid solution, and this
migration is not affected by anode proximity.

3.2. Copper

Figures 3 and 4 display total and soluble copper concentration profiles, respectively.
Total copper migration from the anodic zone is concluded since the copper concentration in
partition 1 is significantly lower than, at least, two other partitions in each experiment. As
with cobalt, partition 6 of experiment 4 has the highest total copper concentration amongst
every partition in any experiment, reaching a 31.00% augmentation, which suggests that
factor interaction is effective for this ion. In experiments 3 and 5, a higher concentration
is found in partition 3, and the total copper concentration is not significantly different
between these experiments in any partition. This suggests that there is no impact from
the change of electric field or acid concentration at these levels. Moreover, when acid
concentration is 1.0 mol L−1, migration comes uniquely from partition 1, but when a higher
solution is used, migration can pass through the cell, being the central zone for experiments
3 and 5 or partition 6 in experiment 4.
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Figure 3. Total copper concentration.

 

Figure 4. Soluble copper concentration.

Significant differences are proven throughout nearly the whole cell with regard to
soluble copper, related to total copper profiles. Specifically, for partition 2 in experiment
1 and for partition 5 and 6 in experiment 2, soluble copper was 60% higher than initial
concentrations, which suggests that, in the case of operating the EKR cell for more than
seven days, copper migration to the cathodic zone could be significantly higher than
observed here when the pretreatment solution was 1 mol L−1. Nonetheless, in experiment
4, the weighted soluble copper proportion confidence interval throughout the cell was
32.95 ± 4.03%, so copper solubilization is entirely evident in this case, since soluble copper
is significantly higher than the initial concentration. This is supported by the understanding
that IOCG ores present copper mainly as chalcopyrite, and for this mineralogical species,
solubilization can happen when pH is between 2 and 4. There is an ORP higher than
0.3 V [36], which is the case, as was shown in a previous study [31] with the same ore and
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operating conditions. The pH of experiments 2 and 4 was from 2.0 to 4.0 in almost the
whole cell, which shows the highest total copper concentrations near the cathode.

3.3. Nickel

Figure 5 shows total nickel concentration profiles. In each experiment, the lowest
concentration was found in partition 1 because all results in this partition, including their
error bars, are below 1.0. A comparison between the partitions of an experiment shows
that they presented lower confidence values than other partitions. In the experiments 2, 3,
and 5, higher total nickel concentrations were found in half of the cell near the cathode,
corresponding to partitions 4, 5, and 6. For experiment 4, nickel removal is observed in
the anodic zone since partitions 1 and 2 have significantly lower nickel concentrations
than at least three other partitions in the central and cathodic zones. That removed nickel
migrated to partitions 4 through 6, the latter of which showed the highest concentration
amongst any partition and experiment, reaching a 30.00% augmentation. This indicates
that electromigration is significantly higher in these operation conditions than in others
in this study. Furthermore, for this case, differences between experiments—excluding
experiment 4—are very similar, with their bigger difference being the zone in the cell in
which the highest concentrations were observed. This suggests that, with the aim of nickel
removal, higher values of acid concentration and/or electric field or any other reagents
could help nickel solubilization.

 

Figure 5. Total nickel concentration profiles.

With respect to soluble nickel, it was not possible to detect in most cases, including
the original sample. Exceptions are partitions 2 and 3 in experiment 1, which had concen-
trations below 1.5 mg kg−1, and in partition 6 from experiment 4, with 5.24 ± 0.52 mg
kg−1. An explanation of this solubilization can be sustained by the work of Lewis [35],
who established that nickel sulfides can be dissolved mildly when pH is below 4.0, that
is, below 0.1 mg L−1 in solution. Thus, in the case of experiment 1, anodic nickel could
partially dissolve and migrate to the central zone of the cell. In the case of experiment 4,
when partition 1 had a pH value around 2.5—when solubilization can be in the order of
1.0 mg L−1, according to Lewis—and partitions 2 through 5 had pH values below 4.0, nickel
leaching was considerably higher, and nickel migration accumulated in the cathodic zone.
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3.4. Metal Removal

Table 3 displays global removals for each metal in any experiment. For cobalt and
nickel, a minimal removal could be obtained in experiments 1 and 5 in both cases. Fur-
thermore, experiment 2 presents removal for nickel only, and experiment 3 shows a very
minimal cobalt removal, as removal is significantly lower than in experiments 1 and 5,
since in all those cases removal is higher than the confidence limit. If the experiments
are compared, best cobalt removal can be achieved using 1.0 V cm−1 of electric field and
1.0 mol L−1 of acid solution, since experiment 1 shows significantly higher results than
experiment 5. In the case of nickel, there is not a significant difference between the same
experiments 1 and 5 since the confidence intervals share values; therefore, best results are
achieved in the same conditions as cobalt.

Table 3. Global removal for each metal in every experiment.

Experiments

1 2 3 4 5

Total removalCo 7.19% ± 0.74% 0.15% ± 4.49% 2.38% ± 2.09% −0.57% ± 3.53% 5.40% ± 0.74%
Total removalCu 4.05% ± 5.22% 1.82% ± 5.60% 2.27% ± 2.46% −0.32% ± 6.80% 2.57% ± 0.74%
Total removalNi 5.95% ± 1.65% 4.07% ± 2.40% 0.84% ± 3.08% 0.39% ± 1.81% 6.33% ± 0.74%

Nonetheless, copper removal was not observed in any experiment. These results are
coherent with a previous similar study [25], in which a relatively a fresh copper sulphide
tailing was also treated, and global removal was not observed. In contrast to other studies
in which copper was removed in EKR experiments [37,38], the principal difference in this
study is the chemical compound in which copper is found, since copper used in those other
experiments was a highly soluble one, such as CuSO4, which was added to the soil to form
a synthetic sample. These findings, along with copper profiles, suggest solubilization can
have a very important role in this kind of sample.

These indicators prove that, although experiment 4 shows better results in metal
concentration, it is not the best combination to remove these metals from the cell. Even in
the best conditions—experiment 1 for cobalt and nickel—nickel removal does not reach
2.0 mg kg−1 recovery, and cobalt obtains around 6.4 mg kg−1. Nonetheless, these exper-
imental runs were made for seven days. Thus, a potentially important removal could
have been made if the experiment had been extended for more time, especially when each
species was concentrated over 10% in the cathodic zone.

3.5. Interaction Proof

ANOVA p-value results for each metal are shown in Table 4. For cobalt, the effect of
the electric field, pretreatment solution concentration, and their interaction is proven in
partition 6. In partition 3, initial acidity has a relevant effect, while interaction between
factors is proven in partitions 4 through 6. Nonetheless, factor effects in partitions 1 and 2
are not apparent.

For total copper, the electric field had a validated effect in partition 2, and sulfuric acid
concentration had an incidence in each partition except partition 1. As with cobalt, factor
interaction is proven in the same half-cell, and all factors and interactions are proven in
partition 6. Furthermore, partition 1 shows no evidence of any factor influence. Regarding
soluble copper, every factor and interaction influenced it throughout the entire cell, with
the exception being partition 4, the factor interaction of which had an incidence in soluble
copper concentration.

In the case of nickel, the initial acidity effect was shown throughout the cell, except
in partition 3. Electric field incidence was proven in partitions 1, 5, and 6, and factor
interaction was noted in partitions 2, 4, 5, and 6. As with every other species, each factor
and its interaction incidences were shown in partition 6.
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Table 4. Calculated p-values of each factor and their interaction for each partition.

Metal Variability Source
Partition

1 2 3 4 5 6

Cobalt
Electric Field 60.70% 31.95% 71.70% 66.52% 13.35% 0.03%
Initial Acidity 13.13% 10.09% 0.74% 16.93% 16.77% 0.02%

Interaction 45.10% 14.54% 30.79% 3.09% 5.48% 4.80%

Total Copper
Electric Field 15.51% 6.95% 30.05% 48.71% 12.38% 0.33%
Initial Acidity 46.24% 0.10% 1.33% 1.66% 1.33% 0.01%

Interaction 27.77% 60.64% 81.29% 4.42% 8.02% 0.20%

Soluble Copper
Electric Field 0.02% 0.00% 0.52% 78.25% 0.01% 0.00%
Initial Acidity 0.41% 0.00% 0.05% 15.86% 0.02% 0.00%

Interaction 0.03% 0.00% 0.03% 0.09% 0.00% 0.00%

Nickel
Electric Field 8.37% 58.22% 20.50% 27.25% 0.08% 0.35%
Initial Acidity 0.71% 5.27% 87.38% 6.20% 7.87% 0.03%

Interaction 52.58% 6.60% 54.89% 3.40% 0.06% 0.04%

These results indicate that no matter which operating conditions are used, cobalt and
copper are affected indifferently in the partition nearest to the anode, which suggests that
proton formation in the anode and migration should be more effective in their solubilization
and migration but in two opposite directions, such that copper solubilization is important,
and cobalt has almost null solubilization. For nickel, the effect of acid could be explained by
considerably higher solubilization with a lower pH in the conditions of these experiments.

Additionally, as in partition 6, every effect and interaction was proven; the inference
is that, as metal migration goes directly to the cathode, every metal liberation and/or
migration process, as mild as it could be, accumulates its effect in the partition near the
cathode, even more so when metal removal was almost nonexistent in the experiments.
Thus, if the operation aims to accumulate the species in a narrower section, each factor has
a significant effect and its interaction as a declared enhancement.

According to ANOVA tests, factor interaction was proven by obtaining p-values below
10% in three partitions for each metal, being the closest to the cathode (partitions 4, 5, and 6).
In partition 6 specifically, both main factors affected metal concentrations. In the case of
cobalt and copper, in partition 1, neither the factor nor their interaction affected their total
concentrations, which suggested that electrolysis in the anode is more determinant than
the solubilization and/or migration of these metals in this zone. Regarding nickel, pretreat-
ment solution concentration has proven effective in this partition since solubilization is
considerably higher at the lower pH values of this experiment.

4. Conclusions

Although copper removal was not observed in any experiment, approximately 7.19%
of cobalt and 5.95% of nickel were removed using 1.0 V cm−1 of electric field and 1.0 mol L−1

of pretreatment solution. Nonetheless, for each species, a concentration augmentation was
achieved in partition 6, reaching 11.00% for cobalt, 31.00% for copper, and 30.00% for nickel,
all of which were observed when the electric field was at 2.0 V cm−1 and the pretreatment
solution was at 2.0 mol L−1. It is highly recommended to repeat the experiments for, at
least, twice the time used in this study since there is evidence of high metal concentration
in the cathodic zone, which may be removed from the cell in that amount of time. Addi-
tionally, solubilization has a very important role in this kind of samples, and it is highly
recommended to assess it separately from migration phenomena.

Regarding the ANOVA tests, interaction between the factors was proven in half of
the cell near the cathode by having p-values below 10% in those partitions. Moreover,
every factor and interaction for all species was observed in partition 6. Regarding nickel,
pretreatment concentration reduces its concentration almost throughout the EKR cell. With
regard to electric field, its incidence was proven in fewer partitions than initial acidity.
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Therefore, a migration enhancement was obtained when electric field was at 2.0 V cm−1

and pretreatment solution was at 2.0 mol L−1, with the aim of collecting more of each
species near the cathode. A replication of the experiments with a longer operation time is
strongly suggested to observe a better removal rate.
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Abstract: Excessive fertilizer application in the cropping industry leads to excessive nitrogen and
phosphorus in surrounding water bodies, which causes farmers to increase economic cost and
damage the environment. To address the problem, we built a crop-soil runoff soil column test system,
setting eight fertilizer application levels for eggplants. Then, crop yield, soil fertility and pollutant
concentrations in the receiving water bodies were measured. The process of fertilizer application on
the water quality of surrounding receiving water bodies and the rationality of fertilizer application
were analyzed. The results showed that crop yield, soil fertility, and pollutant concentrations in the
receiving water increased with the increase in fertilizer application. The crop yield stabilized when
the fertilizer application amount was higher than 0.12 kg/m2; the concentrations of total nitrogen
(TN) and total phosphorus (TP) in the water increased significantly with the increase in fertilizer
application, where particulate nitrogen (PN) and organic phosphorus (OP) were the key pollutants.
In addition, crop growth had an interception effect on pollutant migration. The concentration of
pollutants in the water was significantly lower in the late crop growth period (after flowering) than
in the early. The crop had the best interception effect on pollutants when the fertilizer application
was 0.12 kg/m2. The concentrations of TN and TP in the water were 29.7% and 22.3% after the
flowering period, being lower than those before the flowering period. Therefore, a reasonable value
of 0.12 kg/m2 is recommended for fertilizer application in this article. It can provide a reference for
the fertilization system of eggplant planting in North China and theoretical support for the realization
of clean production in small rural watershed planting.

Keywords: agricultural surface source pollution; nitrogen and phosphorus pollutant transport;
agricultural receiving waters; excessive fertilizer application; clean production

1. Introduction

As a largely agricultural country, China is accelerating the shift in agriculture from an
increased production-oriented system to a quality-oriented one now, realizing the transfor-
mation from a large agricultural country to a strong agricultural country. Therefore, the
development of green and clean agriculture is of great significance to the construction of a
strong agricultural country. However, with the overall progress of rural undertakings, there
is the phenomenon of modern agriculture of exchanging environment for development,
and the problem of surface source pollution in rural agriculture keeps emerging. The
excess nitrogen and phosphorus in surrounding water bodies caused by excessive fertilizer
application in the planting industry is a typical problem, with farmers both increasing
economic costs and damaging the environment [1,2]. There is no study addressing the
problems of high fertilizer input intensity in China’s cultivated farmland area, nutrient loss
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due to higher than optimal fertilizer application, and serious pollution of the watershed
water environment [3–5].

In response to these problems, many researchers have combined water conservation,
surface source pollution control, and rural waste and sewage treatment [6,7] in the hope of
achieving clean and non-eutrophic water bodies and a virtuous ecosystem cycle in small
rural watersheds. However, the scale of small watersheds is equivalent to downscaling large
watersheds, with the local amplification of conflicts and problems, prominent anisotropy,
and increased heterogeneity [8]. For example, the peak point of pollutant content in runoff
from small watersheds occurs closer to the peak point of rainfall and has a shorter response
time to rainfall. Suspended matter, total nitrogen and total phosphorus showed higher
linear correlation in runoff from small watersheds [9]. It causes the technical system of
water pollution management in large watersheds to be not adaptable and poorly operable
in small watersheds; water quality is more fragile in small watersheds; ecologically clean
management measures in small watershed lack a system; water pollution is still serious.

It is the agricultural surface source pollution that is the main cause of the eutrophica-
tion of water bodies in small watersheds, contributing to more than 85% of water pollution
in the watersheds [10]. As of 2015, the total fertilizer used in China was 5.98 × 1010 kg,
accounting for 33% of the world’s total fertilizer use, and the amount applied per unit
area far exceeded the world average, where the utilization rate of nitrogen fertilizer was
about 30–35%, while the utilization rate of phosphorus fertilizer was only 10–20% [11,12].
It means that the excessive use of chemical fertilizers will cause a large number of nutrients
such as nitrogen and phosphorus to flow into water bodies, causing eutrophication. When
pollutants enter rivers and lakes, even exceeding the self-purification capacity of water
bodies, they will deteriorate the water quality and destroy the biological community groups
of water bodies, and studies have shown that about 60% of the nitrogen and phosphorus
content in surface polluted water bodies comes from chemical fertilizers [13]. For crops,
fertilizer application over crop requirements and low fertilizer recovery rates in vegetable
crops [14,15] may negatively affect crop yield and fruit size [16] and also lead to health risks
(e.g., nitrate accumulation in leafy vegetables, micronutrient deficiencies in crops [17,18]).
In conclusion, the problem of rational fertilizer application and control of agricultural
surface pollution needs to be urgently addressed.

In recent years, researchers at home and abroad have agreed that four aspects are
mainly included with the rational application of fertilizer: the amount of fertilizer applied,
the period of fertilizer application, the method of fertilizer application, and the type of
fertilizer (the “4R” technique, i.e., right amount, right time, right place, and right type).
These four aspects are not isolated but are interrelated and affect each other. For example,
the amount of fertilizer applied is determined first and foremost by the target yield, but
also by the application method, period, and fertilizer variety [19]. If the latter three are
unreasonable, it will contribute to the loss of a large number of nutrients during and after
fertilization, which is not fully absorbed and utilized by the crop. To obtain a higher
target yield, the farmer has to increase the amount of fertilizer applied to ensure that the
crop absorbs enough nutrients. If the latter three tend to be reasonable, then the fertilizer
applied can be fully absorbed and used by the crop, and there is no need to add additional
fertilizer to “meet the losses”. However, the current “4R” fertilization technology does not
take into account the impact of fertilizer loss on the surrounding environment and does
not form a reasonable value of fertilizer application based on the environmental damage
effect of the surrounding water bodies, resulting in the loss of a large number of nutrients
during and after fertilization, and the nutrients are not fully absorbed and utilized by the
crop. In addition, relevant studies have shown that reducing the amount of fertilizer does
not reduce vegetable yield [20,21], which shows that the determination of the reasonable
value of fertilizer application has a great positive effect on increasing yield, protecting
the environment and reducing costs, especially in areas with large planting areas; the
determination of the reasonable value of fertilizer application will largely reduce farmers’
fertilizer costs. For example, it has a year-round cash crop cultivation area of 1.19 × 108 m2
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with an annual output value of about USD 2.8 million in Tanchang County, Gansu Province,
China. The fertilizer reduction space is huge.

Dimzon et al. [22] determined the water chemistry characteristics of water bodies
through information on basic chemical indicators of water bodies (pH, redox potential,
electric conductivity (EC), chemical oxygen demand (COD), and other parameters) and
the content of substances in the water bodies. They studied regional water chemistry
processes through correlations among the indicators. The method is well established and
widely used for the study of urban water pollution processes, but the method has obvious
limitations for plantation water pollution. Pollution from excessive fertilizer application
in the plantation industry is characterized by strong dispersion, stochastic occurrence,
and complex pollutant components [23], and current studies have focused on pollutant
discharge [24,25], transport [26,27], and transformation processes [28]. Currently, the area
of farmland at risk of agricultural surface source pollution in China exceeds 20 billion m2.
The contribution of nitrogen and phosphorus loss in the form of farm runoff to the nitrogen
and phosphorus content of river water bodies exceeds 50%, respectively. Gan et al. [29]
evaluated the situation of plantation surface source pollution in five counties around
Chaohu Lake in Hefei City by monitoring the concentration of nitrogen and phosphorus
loss from farmland. The average mass concentrations of TN and TP loss from cultivation in
the region in the past three years were 3.48 mg/L and 0.602 mg/L, respectively, which were
higher than the water quality standard of surface water category V. The export and pooling
of nitrogen and phosphorus in rural sub-watersheds is closely related to the rainfall runoff
production process, in which precipitation fully interacts with the soil and the nitrogen
and phosphorus fertilizers applied by cultivation interact with rainwater, infiltrated water,
and produced water components to influence the export and pooling of nitrogen and
phosphorus pollutants to nearby water bodies. Yang et al. [30] monitored the nitrate–
nitrogen concentration in rainfall runoff after fertilization and found that peak nitrate–
nitrogen concentrations during runoff lagged behind peak confluent flow in surrounding
water bodies, and nitrate–nitrogen concentrations in river water appeared to increase after
the end of precipitation when runoff from surrounding water bodies gradually dropped
back. Buchanan et al. [31] developed a phosphorus index model based on runoff travel time
to improve the phosphorus index characterization of the effect of drainage on the potential
risk of phosphorus loss. However, these studies could only qualitatively assess the key
source areas of nitrogen and phosphorus loss from farmland at the watershed scale, and it
was unclear to identify the key impact factors, which resulted in vague conclusions that
could only provide the pollution sources that contributed more and could not provide the
magnitude of the contribution of specific pollution sources to the water bodies, and could
not quantify the pollution of water bodies in small watersheds due to excessive fertilizer
application, which lacked practical guidance.

Based on the simulation results of different scenarios of the improved SWAT model,
Wang et al. calculated and analyzed nitrate nitrogen and total phosphorus loads under
each management scenario and their effects on crop yield, providing a theoretical basis for
reducing non-point source pollution in the watershed and improving crop yield. However,
this study is only suitable for a large watershed [32]. Li et al. analyzed the amount of
fertilizer used in Wuhu City in 2017, calculated the amount of nitrogen and phosphorus
lost in planting fields, and proposed problems such as unreasonable traditional fertilization
method and fertilization structure, single fertilizer application type and large application
amount, low penetration rate of efficient fertilization technology, and proposed and an-
alyzed suitable fertilization technology, but did not propose a solution to the problem
of fertilizer amount [33]. The researchers looked at the main factors contributing to the
agricultural non-point source pollution and found that the pollution caused by fertiliza-
tion was greater [34,35]. However, there is no recommendation on the appropriate level
of fertilization. Wang et al. determined the temporal and spatial distribution of nitrate
and ammonia nitrogen in the watershed by combining water sampling and numerical
simulation and predicted the impact of agricultural management measures on reducing
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river nitrogen pollution [36], but the types of pollutants concerned were limited. Hou et al.
established an improved output coefficient model based on rainfall and topography and
studied the characteristics of pollution sources and non-point sources of TN and TP in
Huangqianku Basin, which is an important drinking water source of the main tributaries
of the lower Yellow River [37], and paid less attention to pollutant types [37]. In order
to study the change of the content of each form of pollutants in water under different
fertilization conditions in a small watershed, the migration pattern of nitrogen and phos-
phorus pollutants under the fertilization conditions of planting should be clarified, the
mechanism of fertilization status on nitrogen and phosphorus pollutants in the receiving
water bodies should be obtained, the key pollutants among the various forms of nitrogen
and phosphorus pollutants should be found, reasonable values of fertilization in planting
by considering nitrogen and phosphorus key pollutants, crop yield and soil fertility should
be proposed. This article takes a small watershed as the research unit to carry out the study
of the planting industry pollution prevention and control and selects eggplant in a typical
small watershed within the Haihe River Basin in North China as the research object. We
measured COD, eight nitrogen pollutants (total nitrogen (TN), particulate nitrogen (PN),
dissolved total nitrogen (DTN), nitrate nitrogen (NO3

−-N), nitrite nitrogen (NO2
−-N), total

Kjeldahl nitrogen (TKN), organic nitrogen (ON), ammonium nitrogen (NH4
+-N)) and four

phosphorus pollutants (total phosphorus (TP), phosphate (PO4
3−), particulate phosphorus

(PP), organic phosphorus (OP)) in agricultural runoff by building a crop-soil runoff water
system and simulating the actual production and flow production process of the planting
industry. The innovation of this article is that the key influencing factors are obtained from
seven nitrogen pollutants and three phosphorus pollutants except TN and TP, and the con-
tribution of specific pollution sources to the water body is given. In addition, the pollution
caused by excessive fertilization to the water body in a small watershed is quantified. It
is concluded that the crop can intercept the pollutants and the optimal fertilizer amount
for eggplant planting is 0.12 kg/m2. It can provide a reference for the fertilization system
of eggplant cultivation in North China and provide theoretical support for realizing clean
production in small rural watersheds for planting.

2. Materials and Methods

2.1. Crop-Soil Runoff Water Test System

The experiment was conducted in the hydraulic test hall of Tianjin University. The
actual production and flow production process of the plantation was simulated by building
a crop-soil runoff water system, as shown in Figure 1. The experimental setup used a
large Plexiglas soil column to simulate the soil structure of agricultural planting. The soil
was taken from the farmland soil of Xi Mengzhuang village section of the rural small
watershed, Ji Canal watershed, within the Haihe watershed in North China, and the size of
the Plexiglas was 1 m × 1 m × 0.5 m (to ensure the crop grows normally), and the area of
the planting unit was 1 m × 1 m; the test crop was selected as eggplant with high water
and fertilizer demand and high replanting index.

 

Figure 1. Schematic diagram of experimental equipment for crop-soil runoff water system.
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Six fertilization patterns were set in this experiment, and the applied nitrogen fertilizer
was calcium ammonium nitrate (5Ca(NO3)2-NH4NO3-10H2O); phosphorus fertilizer was
calcium dihydrogen phosphate (Ca(H2PO4)2); and potassium fertilizer was potassium
chloride (KCl). The fertilization amounts of the six fertilization patterns were shown in
Table 1.

Table 1. Fertilization scheme for six plots.

Plot
5Ca(NO3)2·NH4NO3·10H2O

(kg/m2)
Ca(H2PO4)2

(kg/m2)
KCl

(kg/m2)
Fertilizer Amount

(kg/m2)

1 0.012 0.009 0.009 0.03
2 0.024 0.018 0.018 0.06
3 0.036 0.027 0.027 0.09
4 0.048 0.036 0.036 0.12
5 0.060 0.045 0.045 0.15
6 0.072 0.054 0.054 0.18

CK 0 0 0 0

The system was irrigated and fertilized six times during the whole reproductive
period, and irrigation was carried out 24 h after fertilization, and the amount of irrigation
was set as shown in Table 2.

Table 2. Irrigation amount of eggplant at different growth stages (unit: mm).

Date 7.09 7.19 7.29 8.08 8.18 8.28

Growth Period Planting Slow seedling Hardening of seedling Flowering Mature 1 Mature 2
Irrigation Amount 5 10 20 60 40 40

Reference F-7.09 F-7.19 F-7.29 F-8.08 F-8.18 F-8.28

The eggplant was planted with sufficient bottom watering to keep the water in the
permeable layer and to keep the soil moist for a long time with a slightly dry surface to
prevent high humidity caused by frequent watering, which promoted seedling diseases.
As the soil had little water-holding capacity, it was watered properly afterward so as not to
allow seedlings to lose water. The seedlings were watered once when they were growing
normally to ensure the expansion of the leaves and photosynthesis, thus producing some
nutrients for their growth. When it starts to bear fruit, it was watered more frequently
to ensure that the eggplants are large and have good color. The first fertilization was
on 8 July 2022, planting was on 9 July and harvesting was on 1 September 2022. The
specific fertilization dates are 8 July, 18 July, 28 July, 7 August, 17 August, and 27 August.
Compound fertilizer was applied before planting and 2/3 of it was applied in general.
Then it was plowed deeply and the other 1/3 of the fertilizer was applied and mixed with
the soil. Planting is performed on a sunny day, with sufficient water in the furrow and
the seedlings were planted after the water has seeped. The plants are spaced 30–35 cm
apart and then mulched to a thickness level with the soil pile. Shallow tillage is carried
out 3 days after planting to increase the ground temperature and promote the slowing
down of seedlings. After the seedlings have slowed down, there was another mid-tillage
and mulching, with the mid-tillage making a high monopoly of 12 to 15 cm, so that the
monopoly surface was over the heap surface. Nitrogen and potassium fertilizer is applied
in combination with watering time. When the eggplant sits in the fruit, then nitrogen
fertilizer is applied. The specific experimental process is shown in Figure 2.

2.2. Test Content
2.2.1. Crop Yield

The harvesting period of eggplant in this experiment was from 10 September to
10 October 2022, and it was harvested a total of 4 times. Eggplant harvesting was measured
by weighing the single fruit weight of eggplant with an electronic balance (accuracy 0.01 g).
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Total output is the sum of four harvests per plot. Then, the number of single plant results
was counted, and the average weight of the eggplant was calculated.

Figure 2. Specific experimental process.

2.2.2. Soil Fertility

Each plot was set up with 3 sampling points according to the principle of triangular
uniform sampling, and each sampling point collected 3 surface soil samples to form a mixed
soil sample. The soil samples were pretreated by air-drying, grinding, and sieving (<1 mm),
and then tested for 5 indicators of soil nutrients, including available nitrogen, available
phosphorus, available potassium, pH, and EC, using a soil tester (DK-TF1, Weifang, Shan-
dong, China).

2.2.3. Contaminants in Water

After irrigation each time, runoff water samples were collected at the runoff water
sampling port, and the collected samples were transferred into clean and dry sampling
bottles, sealed with labels and numbers, and then transported back to the laboratory at
a low temperature for the determination of different forms of nitrogen and phosphorus
pollutants within 72 h. The indicators included COD, TN, TP, seven nitrogen pollutants
(PN, DTN, NO3

−-N, NO2
−-N, TKN, ON and NH4

+-N), and three kinds of phosphorus
pollutants (PO4

3-, PP and OP). The determination methods of pollutants are shown in
Table 3.

2.2.4. Statistical Analysis

In this article, one plot was set for one fertilizer application; the content of available
nitrogen, phosphorus, potassium, and the content of pollutants in water were taken three
times and then the average value was obtained using Matlab-2019. The total production of
eggplant was the sum of the four times harvests, and the single yield of eggplant was the
ratio of total production of eggplant and the number of eggplants in each of the four times
harvests. These data were plotted by Matlab-2019. In addition, the correlation diagram
between pollutants and fertilizer amounts were manufactured by Origin-2022.
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Table 3. The determination methods of pollutants.

Indicator Method

TN KH2PO4 oxidation—ultraviolet spectrophotometry

PN The difference between TN and DTN

DTN 1. Filter with 0.4 μm filter hole
2. KH2PO4 oxidation—ultraviolet spectrophotometry

NO3
−-N Phenol disulfonic acid photometry

NO2
−-N N-1-Naphthylethylenediamine Dihydrochloride spectrophotometry

TKN The difference between NO3
−-N and NO2

−-N

ON The difference between TKN and NH4
+-N

NH4
+-N Nessler’s reagent spectrophotometry

TP 1. KH2PO4 digestion
2. Molybdenum-antimony resistance spectrophotometry

PO4
3− 1. Filter with 0.4 μm filter hole

2. Mo-Sb Anti-spectrophotometer

PP EDTA method

OP 1. Extracted by chloroform several times
2. Gas chromatography

COD Potassium dichromate method

3. Results

3.1. Effect of Fertilizer Application on Soil Fertility in Plantation

The change in soil fertility with the increase in fertilizer application in different plant-
ing periods is shown in Figure 3.

 

Figure 3. Relationship between soil fertility and fertilizer amount.

It can be seen that the highest content of available P in soil fertility was 96.5 mg/kg,
which was 194.2% and 128.0% higher than the content of available N and available P,
respectively. With the increase in fertilizer application, the content of available N, available
P, and available K in the soil first increased and then decreased, and the highest content
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of available N, P, and K was found at 0.12 kg/m2 with the average value of 50.9 mg/kg,
72.2 mg/kg, and 145.6 mg/kg, which were 36.9%, 48.3%, and 23.4% higher than that at
0.18 kg/m2, respectively. Compared with the CK group (fertilizer application was 0),
the available N, P, and K content increased 249.4%, 240.3%, and 378.9% at 0.12 kg/m2,
respectively. Soil EC showed a gradual increase with increasing fertilizer application, and
the highest EC content was 804.6 μs/cm at 0.18 kg/m2, which was 356.3% higher than that
of the CK group. The variation in soil pH was independent of the fertilizer application
amount and was in the range of 6.5 to 9.

In addition, when the fertilizer application was 0.12 kg/m2, the available N, P, and K
contents and EC generally showed a decreasing trend with the growth of the crop, but the
flowering stage was more special, and the soil fertility at the flowering stage was higher
than that at the hardening of the seedling and mature stages. The available N, P, and K
contents and EC values at the flowering stage were 59.6%, 76.2%, 42.4%, and 39.6% higher
than those at the hardening of the seedling, and 75.6%, 38.4%, 64.2%, and 62.9% higher
than those at the mature stage, respectively.

3.2. Effect of Fertilizer Application on Crop Yield in Plantation

The relationship between eggplant yield and fertilizer application is shown in Figure 4.

Figure 4. Relationship between fertilizer amount and total output, the weight of single eggplant,
number of eggplants, and the correlation between them and fertilizer amount.

From Figure 4a, it can be seen that the total eggplant yield showed an increasing trend
with the increase in fertilizer application, and the increase in eggplant yield showed a
decreasing trend with the increase in fertilizer application. From Figure 4b, for individual
eggplant weight, the individual eggplant weight of all fertilizer application groups was
much higher than that of the CK group. When the fertilizer application amount was
0.03 kg/m2~0.12 kg/m2, the difference between individual eggplant weight was small
and distributed in 488.0 g/unit~514.0 g/unit; when the fertilizer application amount was
0.12 kg/m2~0.18 kg/m2, the individual eggplant weight was significantly lower and the
average weight was distributed from 464.0 g/unit to 488.0 g/unit; when the fertilizer
application was 0.12 kg/m2, the weight of individual eggplant was 488 g/unit, which was
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5.1% higher than that when the fertilizer application was 0.18 kg/m2. In addition, it can be
seen from Figure 4c that the number of eggplants increased all the time with the increase
in fertilizer application, with a minimum of four and a maximum of eleven. When the
fertilizer application was 0.12 kg/m2, the number of eggplants was 10, which was close
to the optimal level. From Figure 4d, it can be seen that the correlation between the total
output and the fertilizer amount was the highest (1) followed by the number of eggplants
(0.98). The weight of single eggplant was negatively correlated with fertilizer amount and
the value was small (−0.18).

3.3. The Effect of Fertilizer Application on Nitrogen and Phosphorus Pollutants in the Surrounding
Water Bodies

The process of the influence of fertilizer application amount on pollutants in the
receiving water bodies is shown in Figure 5.

Figure 5. Relationship between fertilizer amount and pollutant concentration in runoff.
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With the increase in fertilizer application amount, the TN and TP concentrations in
the receiving water body showed an increasing trend, and at 0.18 kg/m2, the TN and TP
concentrations were the largest at 93.7 mg/L and 5.85 mg/L, which were 318.0% and 151.0%
larger than the CK group, respectively, and the COD concentration did not change significantly
at 15.0 mg/L~20.4 mg/L. For nitrogen pollutants, the order of pollutant concentrations in
the water column was DN > PN > TKN > ON > NO3

−-N > NH4
+-N > NO2

−-N except for
TN, where the concentration of NO2

−-N was extremely low, only 1/100 of TN. Among
the top four nitrogen pollutants with larger concentrations, TKN and ON were similar
to TN in terms of concentration changes, and gradually increased with the increase in
fertilizer application, and at 0.18 kg/m2, the concentrations of TKN and DN were the largest,
43.4 mg/L and 43.3 mg/L, respectively, which were 303.2% and 70.0% larger than the CK
group, respectively. Among these pollutants, OP and PO4

3− were similar to TP and showed
an increasing trend with the increase in fertilizer application, and the concentrations of OP
and PO4

3− were the largest at 0.18 kg/m2, 4.6 mg/L and 2.9 mg/L, respectively. which
were 390.2% and 128.2% greater than the CK group, respectively.

In addition, with the growth of the crop, the concentrations of PN and DN in the
water fluctuated from planting to flowering, with PN decreasing and then increasing
from flowering to maturity, and DN increasing from flowering to maturity; ON and TKN
decreased from planting to hardening of the seedling, then increased until maturity one,
and decreased again at maturity two. TN increased from planting to flowering, decreased
at maturity one, and increased again at maturity two. TN increased from planting to
flowering, decreased at maturity one, and increased again at maturity two. The TN and PN
concentrations in water at maturity were 60.6 mg/L and 23.6 mg/L, respectively, which
were 20.5% and 18.0% lower than those at flowering.

The trends of TP, OP, and PO4
3− were fluctuating during the crop growth period, with

TP and OP increasing significantly from the planting stage to the hardening of the seedling
stage, decreasing at the flowering stage, and increasing again at the mature stage, and
PO4

3− conversely. The concentrations of TP and OP in the water at the flowering stage
were 2.9 mg/L and 2.4 mg/L, respectively, which were 53.3% and 47.6% lower than those
in the hardening of the seedling stage, indicating that the concentration of phosphorus
pollutants in the receiving water changed more than that of nitrogen pollutants during the
crop growth.

4. Discussion

The improvement in crop yield is first of all the result of crop variety renewal; after
most varieties reach their required maximum yield fertilizer application, then increasing the
fertilizer application will no longer have a yield increasing effect, and only new varieties
with stronger fertilizer tolerance can ensure that the fertilizer application beyond the
originally promoted varieties still has a yield increasing effect [38]. In addition, this
experiment found that the increase in eggplant yield with increasing fertilizer application
showed a decreasing trend with increasing fertilizer application. When the fertilizer
application was higher than 0.12 kg/m2, the weight of individual eggplants decreased
significantly, which is consistent with the findings of Zhang et al. [39] and Xiao et al. [40].
They found that they were more sensitive to fertilizer tolerance, and excessive fertilizer
application did not improve their yield and quality and even granularity. In this paper, we
found that with the increase in fertilizer application, the content of available N, available P,
and available K increased to the maximum when the fertilizer application was 0.12 kg/m2

by analyzing the correlation between the eggplant yield and soil fertility. When the fertilizer
application was higher than 0.12 kg/m2, the content of available N and available P in the
soil fertility decreased, and the content of nitrogen and phosphorus nutrients that could be
absorbed by crops in the soil decreased. N is the main element of protein, nucleic acid, and
phospholipid in living cells of crops, and is one of the constituent elements of chlorophyll,
which has an important impact on crop photosynthesis. Phosphorus is beneficial to the
smooth transition of plants from nutritional growth to reproductive growth, promoting
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the formation of reproductive organs and early flowering and fruiting; thus, nitrogen and
phosphorus are essential for crop growth. Therefore, when the fertilizer application amount
is higher than 0.12 kg/m2, the eggplant yield no longer increases, and even the quality of
the individual eggplants decreases.

In addition, the concentration of nitrogen and phosphorus pollutants in the receiving
water bodies tended to increase with the increase in fertilizer application, which was due
to the low utilization of nitrogen and phosphorus in the fertilizers used on the crops in this
study, spreading fertilizers and the low nutrient utilization efficiency of vegetable crops be-
cause of their short growth time [41]. A large amount of nitrogen and phosphorus elements
entered the receiving water bodies with runoff, causing water decent source pollution. In
this paper, the relationships between eight nitrogen pollutants and four phosphorus pollu-
tants were analyzed separately (Figure 6), and it was found that particulate nitrogen (PN)
was the key nitrogen pollutant and organic phosphorus (OP) was the key phosphorus pollu-
tant in the water. Nitrogen substances in fertilizers are transformed through decomposition
by soil microorganisms to produce organic nitrogen, nitrate nitrogen, ammonium nitrogen,
and particulate nitrogen. The inability of crops to utilize PN and the low utilization of
DTN make the loss of PN and DTN the main forms of nitrogen loss from farmland [36].
DTN is mainly found in two forms: NH4

+-N and NO3
−-N, and under aerobic conditions,

NH4
+-N is quickly oxidized to NO3

−-N. One part is absorbed by crops and the other part
is adsorbed by soil colloids into the receiving water body with runoff, which makes the
concentration of PN and DTN in the water higher, but the correlation between PN and
TN is higher, which can be used as a key nitrogen pollutant in the receiving water body
under different fertilizer application conditions. Phosphorus fertilizer application to soil
is accompanied by a series of complex chemical and biological processes, including the
mineralization of organic phosphorus and the biological fixation of inorganic phosphorus,
the fixation of effective phosphorus, and the release process of insoluble phosphorus [42].
More phosphorus in the soil is released through the mineralization of organic phosphorus
compounds, and then plants take up phosphorus from the soil solution as H2PO4

− and
HPO4

2− with different efficiencies. The unmineralized organic phosphorus remains partly
in the soil and partly excreted as runoff. It makes OP a key phosphorus contaminant in
receiving waters.

Figure 6. Correlation between different forms of nitrogen and phosphorus pollutants.

In addition, we found that during the flowering stage, the crop has the best inter-
ception effect on PN, TP, and OP, which can be reduced by 21.9%, 53.3%, and 47.6%,
respectively, while during the maturity one, the interception effect on TN is the best, and
the concentration can be reduced by 42.6%, indicating that crop growth will have a certain
interception effect on the pollutant migration. The first point is due to the need for nutri-
ents such as nitrogen and phosphorus for crop growth; the nitrogen absorbed by plants is
mainly inorganic nitrogen, including ammonium nitrogen and nitrate nitrogen. Although
low concentrations of nitrite can also be absorbed by plants, it is inherently absorbed in
small amounts and high concentrations are harmful to plants and have no real nutritional
value. Total nitrogen, total phosphorus, and organic phosphorus concentrations in water
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decrease the most during flowering and maturity because of increased root uptake and
nutrient utilization capacity in late plant growth; Nendel et al. [43] found that in dry or
temperate environments, potentially mineralized nitrogen accounts for a higher propor-
tion of total soil nitrogen, and crops use fewer nutrients from fertilizer, the available N,
P, and K originally contained in the soil are preferentially absorbed and used by crops
resulting in larger concentrations of TN, TP and OP in runoff during the early stages of
crop growth. In addition, soil fertility varies under different soil types. The soil used in the
experiment is loam, which has good tillability, has the advantages of sandy soil and heavy
loam, and has significantly higher soil fertility than heavy loam, which is more suitable for
crop growth and development [44]. Chen et al. found that the comprehensive fertility of
different soil types was yellow soil > paddy soil > lime soil > purple soil when exploring
the relationship between soil types and soil fertility in a citrus orchard [45], which was also
the reason why there were more available N, P and K in crop utilization soil. The number
of microorganisms in the soil also affects the soil fertility. Chen et al. took tea trees of
different planting years as research objects and found that there was a correlation between
the number of microorganisms in rhizosphere soil and some soil fertility indexes [46]. The
number of soil bacteria was significantly correlated with the soil organic matter and total
phosphorus; the number of fungi was not significantly correlated with the soil nutrients;
the number of actinomyces was significantly correlated with soil nutrients; the number
of soil microorganisms reflected the level of soil fertility at a certain level [47]. Therefore,
there may be more microorganisms in the soil selected in the experiment, and the soil
fertility is higher, which provides part of the nutrients for the early growth of crops. In
addition, irrigation water may also contain significant amounts of N. For example, a typical
seasonal irrigation volume for sweet pepper is approximately 0.3 m3·m−2 with a nitrate
concentration of 50 mg·L−1, corresponding to a total N input of 0.0034 kg·m−2 [48], and in
this study crop growth could directly utilize inorganic nitrogen in water and utilize less
nitrogen in the fertilizer, resulting in a larger total nitrogen concentration in the water at the
beginning of crop growth and not showing a greater interception effect until maturity one.
Second, we reduced irrigation from 60 mm to 40 mm at maturity and reduced irrigation,
directly reducing the amount of leachate, which then promotes root growth [49–51], it may
also increase plant uptake of water and nutrients [52] and reduce N and P leaching. On the
other hand, reduced irrigation harms soil microbial load, microbial diversity, and enzyme
activity [53], thereby inhibiting the conversion of N and P, which also helps to reduce
their leaching. The second reason why crop growth would have an interception effect on
pollutant transport is that crop roots precipitate particulate matter in water, and in this
study, the degree of PN interception by the crop was greatest at flowering. Yang et al. [54]
showed that plants not only remove some of the N and P from water through uptake but
also precipitate the particulate matter by reducing the flow rate due to the well-developed
root system of the crop and the substrates.

Finally, this paper discusses reasonable fertilization in the process of eggplant planting
by combining the interrelationship between fertilization, the amount of soil, the crop
fertility, and the environmental effects on the yield. When the fertilizer application amount
was 0.12 kg/m2, the soil fertility was better, and the available N, P, and K increased by
249.4%, 240.3%, and 378.9% compared with the CK group; the soil EC value can play a
guiding role in plant fertilization and can reflect the actual condition of the soil salinity,
which affects the transformation, existence state, and effectiveness of the soil nutrients
and is the threshold value limiting plant and microbial activity. Relevant studies have
shown that the optimal range of soil EC required for eggplant cultivation is 500 μs/cm
to 750 μs/cm. In this study, when the fertilizer application rate was 0.12 kg/m2, the soil
EC was 710 μs/cm, which met the requirements for eggplant cultivation. Considering
crop yield, when the fertilizer application amount was less than 0.12 kg/m2, the increase
in fertilizer application could promote crop growth, and when the fertilizer application
amount was greater than or equal to 0.12 kg/m2, the total yield remained the same,
indicating that the fertilizer application amount was no longer a key factor limiting crop
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yield, but when the fertilizer application amount was higher than 0.12 kg/m2, the yield
of the individual eggplants would decrease. Considering environmental pollution, with
the increase in fertilizer application, the concentration of pollutants also increases, but the
main nitrogen and phosphorus pollutants all slow down the growth and tend to balance
when the fertilizer application is 0.12 kg/m2; when the fertilizer application is higher
than 0.12 kg/m2, the concentration of total nitrogen and phosphate increases significantly,
which will pollute the water body to a great extent and bring pressure to the surrounding
environment. Therefore, after considering the soil fertility, crop yield, and environmental
pressure, the reasonable value of fertilizer application for eggplant planting is 0.12 kg/m2.

The limitation of this study is that the influence of soil microorganism quantity on
the soil’s available nitrogen, phosphorus, and potassium for eggplant growth was not
considered when exploring the influence of fertilizer amount on the soil’s available nitrogen,
phosphorus, and potassium. Our research group is designing related experiments to study
the effect of soil microorganism quantity on the soil’s available nitrogen, phosphorus, and
potassium content, and further improve the part of the study on the effect of fertilizer
application on available nitrogen, phosphorus, and potassium content.

5. Conclusions

This article takes eggplant in a typical small watershed within the Haihe River Basin
in North China as the research object; we study the changes in crop growth and the content
of various forms of pollutants in the receiving water under different fertilizer application
amounts by building a crop-soil runoff water system and obtain the following conclusions.

(1) The key nitrogen and phosphorus pollutants are PN and OP, respectively. The average
proportion of PN to TN is 50.9% and the average proportion of OP to TP is 60.6%.

(2) Crop growth will have a certain interception effect on pollutant migration. At the
flowering stage, PN, TP, and OP were intercepted best by the crop, which can be
reduced by 21.9%, 53.3%, and 47.6%, respectively, while TN was intercepted best at
maturity one, and the concentration could be reduced by 42.6%.

(3) Combining the interrelationship between fertilizer application on soil, crop fertility,
and environmental effects on yield in the process of eggplant planting, the reasonable
value of fertilizer application for eggplant planting in this paper is suggested to be
0.12 kg/m2. At this time, the soil fertility is the highest, the yield is close to the
maximum, and the crop has the best interception effect on pollutants.
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Abstract: The objective of this study was to investigate the feasibility of using modified biochars
to enhance removal of ammonium from aqueous solution. The pristine, NaOH-modified, ball-
milled, and NaOH-modified ball-milled biochars were prepared from wheat straw at 500 ◦C. The
surface morphology and characteristics of biochar were obviously changed after modification. The
NaOH-modification elevated the pH value and ash content of biochar, and the ball-milling treatment
promoted the formation of oxygen-containing functional groups. The specific surface area of biochar
(20.9 m2/g) increased to 51.4 m2/g and 145.6 m2/g after NaOH-modification and ball-milling
treatment, respectively. The modified biochars showed considerable ammonium sorption capacity
in a wide pH range (3–7), and the optimal pH of ammonium sorption was around 6. Both NaOH-
modification and ball-milling treatment improved ammonium sorption on the biochars. Ammonium
sorption of the biochars could be well fitted by the Langmuir and pseudo-second-order model,
and the NaOH-modified ball-milled biochar showed the highest ammonium sorption capacity
of 8.93 mg g−1. The surface complexation with oxygen-containing functional groups and cation
exchange were the dominant mechanisms of ammonium sorption on the biochars. These results
indicate that NaOH-modified/ball-milled biochar has a good potential to be used for the ammonium
removal from polluted water.

Keywords: ammonium; biochar; sorption; modification; ball milling

1. Introduction

Nitrogen (N) is an essential element for plant growth and human health. In order to
achieve a higher crop yield in response to the increasing population, more N-fertilizers
have been produced and applied in the soils. However, the chemical N-fertilizer used in
soils could release ammonium to water via runoff and leaching, resulting in serious eu-
trophication of surface water [1–3]. According to the environmental status bulletin of China
in 2020, eutrophic surface water (i.e., reservoirs and lakes) accounted for 29.0% of the total
water bodies [4]. Hence, several techniques have been developed to remove ammonium
from water, such as sorption, ion exchange, biofilm reactors, membrane separation, and
phytoremediation [5–9]. Among these removal approaches, sorption has been extensively
employed due to its cost-effectiveness and environmental friendliness. For the sorption
scheme, the sorbent was crucial to the pollutant removal efficiency, and thus the green
sorbent with low cost and high efficiency is urgently needed for ammonium removal.
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Biochar is a carbonaceous solid material derived from the pyrolysis of biomass under
oxygen-limited conditions [10]. Biochar has shown great potential in the fields of soil
improvement, carbon sequestration, and environmental remediation [11–14]. Recently,
it was applied to remove ammonium from aqueous solution as a potential sorbent, and
the ammonium sorption capacity of biochar was determined by the feedstock proper-
ties and production parameters (e.g., pyrolysis temperature, heating rate, and residence
time) [15–17]. Cui et al. compared the ammonium sorption capacity of biochars derived
from different species of aquatic plants at 500 ◦C and found that the Canna indica-derived
biochar had the highest ammonium sorption capacity due to higher content of oxygen-
containing functional groups [5]. Ion exchange is also an important mechanism for ammo-
nium adsorption. Gai et al. indicated that the biochar with the highest cation exchange
capacity showed the highest ammonium removal efficiency [18]. Tang et al. investigated
the effect of pyrolysis temperature (350–550 ◦C) on the ammonium sorption capacity of
biochar and indicated that biochar produced at 450 ◦C showed the greatest ammonium
sorption capacity (1.4 mg/g) owing to its higher functional group density and specific sur-
face area [16]. Notably, the biochars after ammonium sorption could be reused as additive
or organic fertilizer for soil improvement [19], providing a potentially cyclic utilization
scheme of nutrient. Nevertheless, considering the limited ammonium sorption capacity of
raw biomass-derived biochar, it is necessary to modify the biochars to effectively remove
more ammonium from water.

In order to improve the ammonium sorption capacity of biochar, several modification
strategies have been investigated, including metal oxides/metal doping, alkaline treatment,
and granulation [15,20–22]. Vu et al. reported that the corncob derived biochar showed
a highest adsorption capacity of 22.6 mg NH4

+-N/g after modification with HNO3 and
NaOH [22]. Wang et al. found that the FeCl3-HCl modification improved the ammonium
sorption capacity of biochar by 14% owing to the increased specific surface area and
functional groups (−OH and O−C=O) [23]. Moreover, ball milling has emerged as an
effective approach for the syntheses and modification of carbon/metal nanomaterials due
to its merits of low cost, high efficiency, and environmental friendliness [24,25]. Recently,
ball-milling is considered a promising modification method to enhance the physicochemical
properties of biochar via improving the specific surface area and creating new functional
groups/defects on the surface [25–27], which are expected to improve the ammonium
sorption capacity of biochars. However, quite limited study determined the potential of
ball-milled biochar in ammonium removal from water [28]. Moreover, no study investigates
the feasibility of combining ball-milling with other modification methods to enhance the
ammonium sorption capacity of biochar, and the corresponding ammonium sorption
mechanisms of dually modified biochar should be clarified.

In the present study, the dually modified biochars were synthesized and evaluated
for their ammonium sorption capacity. The pristine biochar was prepared from wheat
straw by pyrolysis at 500 ◦C, and the modified biochars were treated with alkali (NaOH)
and ball-milling. After systematical characterization of the raw and modified biochars,
sorption kinetics and isotherm of ammonium on biochars were conducted. The objectives
of this study were to (1) develop a feasible modification strategy of biochar for ammonium
removal, (2) characterize the physicochemical properties of the modified biochars, and
(3) determine the sorption capacity and mechanisms of the modified biochars.

2. Materials and Methods

2.1. Preparation of the Pristine and Modified Biochars

The dried wheat straw samples were ground into ~1 mm powder using a stainless
grinding machine for the biochar production. The production of wheat straw biochar was
carried out in a modified muffle furnace (Sante Furnace 30–3000 ◦C, SAF-Therm, Henan,
China) under N2 atmosphere, and the pyrolysis of biomass (10 g) was programmed to
drive the temperature to 500 ◦C at a rate of 5 ◦C/min and held for 2 h. The solid residues
from pyrolysis were ground in a mortar and sieved through a 20-mesh sieve prior to use,
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and the product was named as wheat straw biochar (WB). For the preparation of alkali
modified biochar, the wheat straw was added into 1 mol/L NaOH at a ratio of 1 g:1 mL,
and the mixed solution was held for 12 h after mixing well. The alkali modified wheat straw
biochar (AWB) was obtained by pyrolyzing the abovementioned alkali modified wheat
straw under the same pyrolysis conditions. In order to prepare ball-milled biochars, WB
and AWB were placed in the agate jars of a planetary ball mill (DECO-PBM-1L-A, Jiangsu,
China). Ball milling was operated at 500 rpm with a mass ratio of 1:20 (biochar to ball) for
8 h, and the direction of rotation changed every 10 min. The derived ball-milled biochars
were referred to as ball-milled wheat straw biochar (B-WB) and ball-milled alkali-modified
wheat straw biochar (B-AWB), respectively.

2.2. Characterization

Elemental contents (carbon, hydrogen, and nitrogen) of biochar samples were ana-
lyzed using a UNICUBE analyzer (Elementar). Fourier transform infrared (FTIR) analysis
was employed to determine the functional group composition of biochar in the wavenum-
ber range of 500–4000 cm−1 in the form of KBr tablet using an FTIR spectrophotometer
(IRAffinity-1S). In order to identify the crystalline structures of biochar, X-ray diffraction
analysis (XRD, X’ Pert Pro MPD) was carried out at 40 mA and 40 kV using Cu Ka radiation,
and the scanning angle was 5–90◦. The ash content was measured by placing biochar
samples in a muffle furnace and heating to 750 ◦C for 5 h. The pH of biochar was measured
using a pH meter (PHSJ-3F, INESA, Shanghai, China) by adding samples to deionized
water at a mass/water ratio of 1:20. The size distribution of biochar was determined using
a Malvern Mastersizer.

2.3. Sorption Experiment

Ammonium stock solutions were prepared by dissolving ammonium chloride (NH4Cl)
in deionized water. In order to investigate the effect of pH on the ammonium sorption,
the biochar (0.1 g) was added into 30 mL solutions containing 30 mg ammonium-N L−1

with an initial pH range between 3.0 and 7.0, which was adjusted by using 0.5 M HCl or
NaOH solutions. The final pH in the solutions and the ammonium sorption capacity of
biochar were determined after shaken at 120 rpm and 25 ◦C for 24 h. Sorption kinetics of
ammonium was determined in the solutions containing 30 mg ammonium-N L−1 under
the aforementioned conditions, and the samples were taken and analyzed at various
time intervals (0, 5 min, 15 min, 30 min, 1 h, 2 h, 4 h, 7 h, 12 h, and 24 h). Sorption
isotherm of ammonium was investigated in the solutions containing different ammonium-
N concentrations (0–200 mg/L) under the aforementioned conditions. The biochars after
ammonium-N sorption are named as WB-N, AWB-N, B-WB-N, and B-AWB-N, respectively.
The biochars after ammonium-N sorption were filtrated and dried at 80 ◦C for FTIR analysis.
The concentrations of ammonium in the solutions were analyzed by colorimetric method.
The amount of ammonium sorbed on biochar (Qt) was calculated by the ammonium-N
concentration difference between the initial and equilibrium solutions:

Qt = (C0 − Ct)V/m (1)

where C0 and Ct (mg/L) are the ammonium-N concentrations at initial and time t, respec-
tively, V is the volume of the aqueous solution (L), and m is the dry weight of biochar
(g) used in the sorption experiment. The contribution of cation exchange to the ammo-
nium sorption was investigated in the solution containing 200 mg ammonium-N L−1 and
deionized water, which was described in our previous study [5].

2.4. Statistical Analysis

Statistical analysis was conducted by the SPSS 20.0, and the mean value and standard
deviation were calculated via descriptive statistics. The data were tested at the significant
level of p < 0.05 using one-way ANOVA. The correlation analysis was conducted with the
Pearson test at p < 0.05 by SPSS 22.0.
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3. Results and Discussion

3.1. Effects of Modification on Biochar Properties

The basic physicochemical characteristics of the raw and modified biochars derived
from wheat straw are listed in Table 1. The NaOH-modified biochar (AWB) showed a
higher pH (11.0) than the raw wheat straw biochar (WB, pH = 10.3), which resulted from
the addition of NaOH during the pyrolysis process. Accordingly, the ash content of AWB
(54.22%) was significantly higher than WB (50.19%) (p < 0.01). After ball-milling treatment,
the pH value of B-WB and B-AWB decreased to 9.3 and 10.5, respectively. The reduction in
the pH values of ball-milled biochars could be ascribed to the formation of acidic functional
groups (e.g., −COOH) during the ball milling process. In comparison with WB and AWB,
B-WB and B-AWB had higher H/C and O/C ratios, indicating that the ball milling favored
the formation of less aromatic structures and hydrophilic surfaces of biochar, in agreement
with the previous study [25]. The hydrophilic property of ball-milled biochar is expected
to promote the sorption of the polar contaminants such as ammonium.

Table 1. The basic physiochemical properties of the raw and modified biochars.

Sample a pH
Ash N C H O Atomic Ratio SSA

(%) O/C H/C (O + N)/C (m2/g)

WB 10.25 ± 0.02 50.19 ± 0.37 0.82 38.16 1.764 8.62 0.17 0.55 0.19 20.9
AWB 11.01 ± 0.00 54.22 ± 0.75 0.46 32.18 1.583 11.44 0.27 0.59 0.28 51.4
B-WB 9.25 ± 0.01 48.79 ± 0.20 0.81 37.74 1.978 10.38 0.21 0.63 0.22 145.6

B-AWB 10.53 ± 0.01 51.06 ± 0.26 0.53 33.11 1.884 13.34 0.30 0.68 0.32 121.7
a: WB, wheat straw biochar; AWB, NaOH-modified wheat straw biochar; B-WB, ball-milled wheat straw biochar;
B-AWB, ball-milled and NaOH-modified wheat straw biochar.

As presented in Table 1, the specific surface area of biochar ranged from 20.9 to
145.6 m2/g depending on the modification technique. The specific surface area elevated
from 20.9 to 51.4 m2/g after NaOH-modification, and this value increased to 145.6 m2/g
after ball-milling treatment. However, the specific surface area of B-AWB (121.7 m2/g) is
lower than that of B-WB. The decreased specific surface area of B-AWB was probably due
to the merging of micropore and a partial occlusion of the pores by the additive during the
ball-milling process. This implies that both NaOH-modification and ball milling increased
the specific surface area of biochar, which is consistent with the previous studies [1,25,29,30].
Notably, ball milling showed a much better potential to elevate the specific surface area of
biochar due to the mechanism difference. The addition of NaOH could create new pores
and widen the existing pores [29], while ball milling could increase the external surface
area by reducing particle size and elevate the internal surface area via improving internal
porosity [25]. The surface morphology of the pristine and modified biochars was presented
in the SEM images (Figure 1). In comparison with the rough surface of the unmilled
biochars (WB and AWB), the ball-milled biochars had more ultrafine particles, which was
consistent with the size distribution results (Figure 2).

Figure 3a illustrates the FTIR spectra of raw and modified biochars. A wide spectrum
of the functional group peaks, including −OH at around 3400 cm−1, aromatic C=C/C=O
at 1603 cm−1, CH2 at 1376 and 1436 cm−1, and C−O/C−O−C at 1090 cm−1 were well
preserved on the surface of the raw biochar. After modification with NaOH and ball-
milling treatments, more functional group peaks were observed in the FTIR spectra of
AWB, B-WB, and B-AWB. After ball milling of biochar, the corresponding vibration peaks
at ~3400, 1603, and 1090 cm−1 were significantly enhanced in the spectrum of B-WB
(Figure 3a), indicating that ball milling could elevate the contents of oxygen-containing
functional groups (e.g., −OH, C=O, and C−O) in the biochar, which is consistent with the
element analysis results (Table 1) and the previous studies [1,27]. Similarly, more oxygen-
containing functional groups were retained in B-AWB compared with AWB, and the
enhancement of oxygen-containing functional groups could promote the sorption capacity
of ammonium [5,23]. As depicted in Figure 3b, SiO2 and KCl were the dominant mineral
crystals in the XRD pattern of WB. After NaOH-modification and ball-milling treatments,
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the intensity of SiO2 diffraction peak increased in the modified biochars, implying that
both NaOH modification and ball milling favored the development of SiO2 crystal, in good
agreement with the FTIR results (Figure 3b).

Figure 1. SEM images of the raw and modified biochars. WB, wheat straw biochar; AWB, NaOH-
modified wheat straw biochar; B-WB, ball-milled wheat straw biochar; B-AWB, ball-milled and
NaOH-modified wheat straw biochar.

Figure 2. The size distribution of the raw and modified biochars. (a) WB, wheat straw biochar;
(b) AWB, NaOH-modified wheat straw biochar; (c) B-WB, ball-milled wheat straw biochar;
(d) B-AWB, ball-milled and NaOH-modified wheat straw biochar.
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Figure 3. (a) The FTIR spectra of the raw and modified biochars; (b) XRD patterns of the raw and
modified biochars.

3.2. Ammonium Sorption
3.2.1. pH Dependent Sorption

The effect of aqueous solution pH on ammonium sorption onto the raw and modified
biochars is presented in Figure 4. The results demonstrate that the ammonium sorption
capacity of biochars was pH dependent. Generally, the modified biochars showed consider-
able ammonium sorption capacity in a wide pH range, and the optimal pH of ammonium
sorption was around 6 in this study. As depicted in Figure 4, the amount of adsorbed
ammonium increased with increasing pH from 3 to 6 and slightly declined as pH elevated
to 7. Similar trends were found in the previous studies [15,16]. The lower ammonium
sorption capacity at lower pH could be attributed to the competition between NH4

+ and H+

for the interaction with the functional groups on the biochar surface. This competition was
weakened with the decrease of H+ at higher pH, and more ammonium was adsorbed onto
the biochars. Additionally, the more negatively charged surface of biochar at higher pH
of aqueous solution favored the ammonium adsorption via electrostatic attraction [1,22].
The decrease of ammonium removal at pH > 6 could be ascribed to the fact that some
of the ammonium is converted to NH3·H2O, which suppressed the sorption process [21].
In comparison with the raw biochar, the ammonium sorption capacity of the modified
biochars was more sensitive to the pH change. This phenomenon could be attributed to the
more abundant oxygen-containing functional groups on the modified biochars. The inter-
action between the oxygen-containing functional groups and ammonium was considered a
main mechanism of ammonium sorption of biochar [5,15,23], and the chemical state of the
oxygen-containing functional groups on the biochar surface was greatly affected by the pH
of aqueous solution [31]. For instance, carboxyl groups are acidic groups generally having
pKa < 5, and these groups could dissociate with increasing pH.

Figure 4. Effect of pH on ammonium sorption on the raw and modified biochars.
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3.2.2. Ammonium Sorption Kinetics

Kinetics models were employed to study the reaction dynamics of ammonium sorption
onto the raw and modified biochars. As presented in Figure 5, the ammonium sorption
onto the raw biochar sharply elevated in the first 1 h, accounting for around 93.2% of the
final sorption capacity, and reached saturation in 7 h. Similarly, the ammonium sorption
equilibrium was reached within 4 h for the modified biochars. To further analyze the
ammonium sorption process onto different biochars, the pseudo-first-order and the pseudo-
second-order sorption kinetics models were employed to fit the experimental data. As
shown in Table 2, the pseudo-first-order model (R2 = 0.95) better fitted the ammonium
sorption data for the raw biochar than that of the pseudo-second-order model (R2 = 0.92),
while for the NaOH-modified and ball-milled biochars, the fitting degree of the pseudo-
second-order model (0.95 ≤ R2 ≤ 0.98) was better than that of the pseudo-first-order
model (0.94 ≤ R2 ≤ 0.98). Additionally, the predicted ammonium-N sorption capacity of
the modified biochars (1.12–2.12 mg/g) by the pseudo-second-order kinetics model was
more close to the experimental values (1.14–2.17 mg/g). The fitting results implies that
the ammonium sorption onto the modified biochars was mainly dominated by chemical
interaction, which is in accordance with the previous studies [5,16], further confirming that
more active sites (e.g., oxygen-containing functional groups) for ammonium sorption were
successfully introduced after NaOH-modification and ball-milling treatments. Furthermore,
the sorption rate constant K1/K2 fitted by the sorption kinetics of the modified biochars
was larger than that of the raw biochars, in a good agreement with the experimental
phenomenon, indicating good application potential of the modified biochars.

Figure 5. (a) Sorption kinetics and of ammonium on the raw and modified biochars; (b) isotherm
of ammonium on the raw and modified biochars. The symbols and lines are the experimental and
modeled results, respectively. (ammonium-N concentration, 0–200 mg/L; adsorbent dose, 3.3 g/L;
adsorption time, 0–7 h; adsorption temperature, 25 ◦C).

Table 2. Sorption parameters of ammonium on the raw and modified biochars obtained from the
different kinetics models.

Biochar

Pseudo-First-Order a Pseudo-Second-Order b

qt=qe

(
1−e−k1t

)
qt=k2q2

et/(1+k2qet)

K1 (h−1) Qe (mg/g) R2 K2 (g/mg·h) Qe (mg/g) R2

WB 2.13 0.73 0.95 3.11 0.82 0.92
AWB 23.57 1.34 0.98 46.56 1.37 0.98
B-WB 13.86 1.06 0.94 22.54 1.12 0.98

B-AWB 7.98 2.04 0.94 7.09 2.12 0.95
a: Qt is the amount of ammonium sorption at equilibrium, mg g−1, K1 is the rate constant of pseudo-first-order model
(h−1), Qe is the sorption capacity at equilibrium calculated by the pseudo-first-order model, mg g−1; b: Qt is the
amount of ammonium sorption at equilibrium, mg g−1, K2 is the rate constant of the pseudo-second-order reaction
(g mg−1 h−1), Qe is the sorption capacity at equilibrium calculated by the pseudo-second-order model, mg g−1.
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3.2.3. Ammonium Sorption Isotherm

The sorption isotherms of ammonium onto the raw and modified biochars are shown
in Figure 5b, and the fitted parameters are summarized in Table 3. The amount of adsorbed
ammonium-N by biochar was elevated with increasing initial ammonium concentration.
In comparison with the raw biochar, the modified biochars exhibited higher sorption
capacity for ammonium-N. The ammonium adsorption behaviors were described using
the Langmuir and Freundlich adsorption isotherm models. The Langmuir equation fitted
the ammonium sorption data of the raw and modified biochars better than the Freundlich
equation, with correlation coefficients (R2) in the range of 0.95–0.99. The better fitting of
sorption data to the Langmuir model implies that the ammonium adsorption occurred
largely in a monolayer on the homogeneous surface of biochar, which is consistent with
the previous studies [5,16]. The maximum sorption of ammonium-N (Qm) on B-AWB
was 8.93 mg g−1, approximately three times that of WB (3.09 mg g−1). In comparison,
B-WB (4.64 mg g−1) and AWB (6.93 mg g−1) had moderate maximum sorption capacity for
ammonium-N according to the Langmuir model. These results indicate that both NaOH
modification and ball milling improved the ammonium-N sorption capacity of biochar, and
the dual modification exhibited enhancement to the ammonium sorption. The maximum
ammonium-N sorption capacity of B-AWB is higher than that of biochars derived from
rice husk (3.24 mg/g), pine sawdust (3.37–5.38 mg/g), and giant reed (1.21–1.49 mg/g)
in the previous studies [32–34], indicating that the modified wheat straw biochar has a
good potential for the treatment of ammonium-contaminated water. Furthermore, Table 4
summarizes the ammonium sorption capacity of different biochars in the previous studies.

Table 3. Sorption parameters of ammonium on the raw and modified biochars obtained from the
different isotherm models.

Biochar

Langmuir a Freundlich b

qe=KLCeqm/(1+KLCe) qe=KFCN
e

KL (L/mg) Qm (mg/g) R2 KF (mg/g) N R2

WB 0.02 3.09 0.95 0.15 0.53 0.89
AWB 0.01 6.93 0.99 0.26 0.57 0.95
B-WB 0.03 4.64 0.98 0.16 0.58 0.96

B-AWB 0.02 8.93 0.98 0.65 0.48 0.92
a: Qm is the maximum sorption capacity (mg g−1), Ce is the concentration of amomonium after sorption, KL is the
affinity coefficient of Langmuir model; b: Qm is the maximum sorption capacity (mg g−1), Ce is the concentration
of ammonium after sorption, KF is the experimentally derived capacity coefficient of Freundlich model (mg g−1),
N is experimentally derived exponent of Freundlich model.

Table 4. Ammonium sorption capacity of different biochars in previous study.

Adsorbents Modification Method
Solid-Liquid

Ratio (g/L)
Sorption Capacity

(mg/g)

Bamboo biochar [15] Unmodified 1.00 4.96
Digested sludge [16] Unmodified 10.00 1.40

Rice straw [20] Unmodified 1.60 3.20
Rice straw [20] Potassium-iron modified 1.60 10.77

Pine wood chips biochar [35] Unmodified 1.00 2.86
Reed waste biochar [36] Unmodified 5.00 1.92
Reed waste biochar [36] Sulfonation modified 10.00 5.19

Orange peel [37] Unmodified 10.00 4.36

B-AWB (this study) NaOH-ball-milled
modified 3.33 8.93
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3.3. Ammonium Sorption Mechanisms on the Modified Biochars

The oxygen-containing functional groups were crucial to the ammonium sorption onto
biochars [5,20,23,38]. As depicted in Figure 3a, more oxygen-containing functional groups
(e.g., −OH, C=O, and C−O) were formed in the biochar after NaOH modification and
ball milling, and the ammonium-N sorption capacity of the modified biochars was greatly
enhanced (Figure 5b). Correspondingly, B-AWB with most abundant oxygen-containing
functional groups exhibited the highest ammonium-N sorption capacity. Moreover, the
amount of ammonium-N sorbed on biochars was significantly correlated with the O/C
ratio of biochar (r = 0.993, p < 0.01), implying that oxygen-containing functional groups is
involved in ammonium sorption onto biochars. As presented in Figure 6, obvious changes
could be observed on the FTIR spectra of biochar at the peaks of C-O-C and C = O after
ammonium-N sorption, which is consistent with the previous studies [5,23]. These results
demonstrate that the oxygen-containing functional groups play a dominant role in the
ammonium sorption onto biochar.

Figure 6. FTIR spectra of biochars before and after ammonium sorption.

In addition to the contribution of oxygen-containing functional groups, the role of
cation exchange is also should be taken into consideration for ammonium sorption of
biochars. A significant amount of metal ions (e.g., K+, Na+, Ca2+, and Mg2+) remained on
the biochars via forming complexes with oxygen-containing functional groups, electrostatic
attraction, and precipitation. Cui et al. reported that the ammonium-N sorption capacity of
biochar was highly correlated with the amount of Mg2+ and Ca2+ released after ammonium
sorption [5], and a similar trend was reported by Zheng et al. [39]. To investigate the
role of cation exchange in ammonium sorption, the amount of metal ions released in
solution before and after ammonium sorption on biochar was determined in this study. As
illustrated in Figure 7, the obvious release of Ca2+, K+, Mg2+, and Na+ occurred during the
ammonium sorption process. This demonstrates that cation exchange occurred during the
ammonium sorption onto the biochars. However, the total amounts of cations released
from biochar after sorption were not highly correlated with the ammonium-N sorption
capacity of biochar (p > 0.05), suggesting that the cation exchange was not the dominant
ammonium sorption mechanism of biochars in the present study.
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Figure 7. (a) The amount of Ca2+ released from biochars into solution before (−NH4
+−N) and

after (+NH4
+−N) ammonium sorption; (b) the amount of K+ released from biochars into solution

before (−NH4
+−N) and after (+NH4

+−N) ammonium sorption; (c) the amount of Mg2+ released
from biochars into solution before (−NH4

+−N) and after (+NH4
+−N) ammonium sorption; (d) the

amount of Na+ released from biochars into solution before (−NH4
+−N) and after (+NH4

+−N)
ammonium sorption.

4. Conclusions

NaOH-modified/ball-milled biochars derived from wheat straw were prepared and
employed for the effective ammonium removal from aqueous solutions, and the dual
modification exhibited enhancement to the ammonium sorption. In comparison with
the raw biochar, the physicochemical properties of the modified biochars were obviously
changed. Considering the low cost of NaOH/ball-milling modifications and wheat straw
feedstock, the NaOH-modified/ball-milled wheat straw biochar could be used as a effective
adsorbent for ammonium removal. Furthermore, ammonium-N is an essential nutrient
for plant growth, and thus the N-laden biochars after ammonium sorption have a good
potential as an alternative fertilizer. However, the toxicity assessment and field trials
should be conducted before the large-scale soil application of the N-laden biochars after
ammonium sorption.
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Abstract: Landfills have long been widely used to dispose of Municipal Solid Waste (MSW). However,
many landfills have faced early closure issues in recent years due to overload operations. Although
in-situ aeration technology can quickly stabilize MSW, low oxygen utilization rates present a general
problem that results in high energy-consuming and operating costs. This research aims to improve
oxygen utilization efficiency by observing the dynamic respiratory index and the removal of con-
taminants. Three continuous reactors were constructed and designed with targeted aeration and
re-circulation schemes for different landfill ages. The results show that a well-designed aerobic,
semi-aerobic, and anaerobic reactor can fully degrade the organic components of MSW with different
landfill ages, and the quantity of waste has been reduced by more than 60%. Additionally, it was
disclosed that gas-water joint technology has a promotional effect on activating microorganisms.

Keywords: dynamic respiratory index; aerobic remediation; rapid stabilization; biochemical treatment

1. Introduction

In recent years, the amount of Municipal Solid Waste (MSW) has rapidly increased in
both urban and rural areas due to population expansion and urbanization. For instance,
over 2000 landfills in China are currently experiencing overload operation and early clo-
sure. Because the utilization of aerobic stabilization technology can help to digest organic
components in landfill wastes within a short time, this technology has gained increasing
attention as a promising method for MSW treatment.

Compared to traditional landfill methods, aerobic stabilization technology offers the
advantage of shortening the treatment time, reducing the volume of waste, and minimizing
environmental pollution. Aeration can significantly reduce the production of gas and
leachate in landfill waste, which is also beneficial for stabilizing the MSW. Read et al. found
that aeration and leachate recirculation can rapidly stabilize the waste load, accelerate the
settlement of the landfill, reduce methane and leachate production, and significantly reduce
the pollutants in the leachate [1]. Radoslaw Slezak et al. studied the degradation process of
solid waste in aerobic and anaerobic conditions using a bioreactor at a landfill site [2]. Their
research showed that even a small aeration rate is beneficial for the degradation of organic
matter in the leachate. The amount of CO2 and CH4 released under aerobic conditions
amounts to one-fifth of the gas released under anaerobic conditions [2].

The aerobic restoration technology of landfills can be divided into three types: (1) low-
pressure continuous aeration and air-lift technology [3]; (2) short-range high-pressure pulse
jetting and low-pressure air-lift technology [4]; and (3) continuous low-pressure aeration
with passive low-pressure aeration and air-lift [5]. Low-pressure continuous aeration and
air-lift technology continuously inject air into the landfill through a vertical well system,
transforming the anaerobic environment into an aerobic one. This process supplements
the amount of moisture required to facilitate the degradation of organic matter in the
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landfill. As for the low-pressure aeration/air-lift technology, the gas injected/extracted
from the landfill is within a positive/negative pressure of 30 kPa, and the pressure provided
is usually within 3~8 kPa [6]. High-pressure aeration technology intermittently injects
compressed air into the landfill through specified nozzles and electromagnetic valves.
The positive air pressure injected into the landfill can reach a maximum of 600 kPa [4],
providing higher aeration efficiency than the low-pressure systems but with higher energy
consumption. Passive low-pressure and air-lift systems inject air into the landfill through
wind-energy aerodynamic systems, extracting gas from the landfill via wind-energy air-lift
devices. Because this system provides limited air volume and pressure but requires less
electricity during operation, it greatly reduces operating costs [7]. Several authors have
researched the changes in methane gas concentration in different monitoring wells under
different negative pressure and flow conditions. Zhou and co-workers found that the radius
of influence and the impact on methane concentration varied under varying extraction
flow rates. They suggested that the optimal radius of influence for extraction should be
between 20 and 25 m, and the optimal negative pressure should be 20 kPa [8]. In addition,
deep waste has a higher permeability than shallow waste, and the amount of extraction
in the deep layers is greater than that in the shallow layers, resulting in negative pressure
inside the waste pile. If the landfill is not properly sealed, the oxygen concentration inside
the monitoring wells will be similar to that of the outside, affecting the negative pressure
environment inside the waste pile.

Researchers experimentally performed the injection and extraction of air in a landfill
in Guiyang; they analyzed the impact of airflow, pressure, and influence of radius on the
aerobic stabilization of the waste pile by measuring the methane content and changes in
the pressure in the monitoring wells. The study found that as the vacuum in the waste pile
increased, the radius of extraction also increased; when the negative pressure was 10 kPa,
an effective radius of 20 m was observed. The higher the extraction pressure, the higher
the equipment and operating costs. By observing a change in oxygen concentration in
the monitoring wells, it was found that the higher the injection pressure, the greater the
injection radius; hence, the injection flow rate and pressure were proportional within a
certain range. Nevertheless, the study suggested that the best pressure loss for injection
wells in the aerobic stabilization process is 30 kPa [9].

The Kuhstedt Landfill in Germany is one of the most well-known landfills in the world
that has been treated with aerobic restoration technology. After the restoration system
was put into operation, the organic matter in the landfill tended to be stable but could
still produce methane [5]. Therefore, in the later stage of the treatment process, a passive
low-pressure and gas extraction system (Wi DAVA-System) was used for the long-term
passive aeration treatment. The system consists of 12 wind-powered gas extraction devices
and two wind-powered gas injection devices, each of which can inject 3–10 m3 of air into the
landfill on average every day. Research data showed that after the system had been running
for 12 months, the landfill tended to be stable, and the biodegradable carbon conversion
rate was about 90%. Compared with anaerobic degradation, this system can accelerate
the degradation rate of organic matter by four to six times. In addition, the Konstanz
Dorfweiher Landfill in Germany used continuous low-pressure aeration and short-range
high-pressure pulse aeration to treat the landfill. By using high-pressure pulses, the system
changed the flow path of air and leachate in the landfill, reducing short-circuiting inside the
landfill. The study showed that after low-pressure aeration was carried out in the landfill,
the application of high-pressure pulse technology further degraded the organic matter in
the landfill [4]. Similarly, in optimizing the aeration method, a landfill site in Florida adopts
different depths of aeration wells to aeration for different depths of waste and achieves
good aeration effects [10].

However, there are also some challenges associated with aerobic stabilization technol-
ogy, such as the need for adequate oxygen supply, effective control of the temperature and
moisture content, and management of potential odor and leachate problems. Therefore, im-
proving the technology and optimizing the operational parameters are essential to ensure
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its successful application in MSW treatment. Traditional aerobic bioreactors have used Bio-
logical Degradable Material (BDM) or landfill porosity as the aeration rate design index [8].
However, the oxygen utilization coefficient is limited in practical applications due to factors
such as varying oxygen demands of different landfill age waste, low aeration efficiency
at depths greater than 8 m, the aerated zone, and the short flow phenomenon. Research
has shown that the oxygen utilization coefficient in Chinese landfills is 8% to 15%, whereas
foreign cases range from 15% to 22% [9]. Therefore, it is necessary to advance the aeration
system and improve the efficiency of oxygen utilization depending on different landfills.

According to national regulations, the closure period, organic contents, landfill gas,
odor index, and sedimentation rate can be used to determine the stabilization of landfills [5].
Although the MSW has been pretreated by crushing, screening, ramming, etc., the landfill
wastes are highly heterogeneous, which will cause sampling fluctuation. The methods
used to determine the stabilization of the landfill were considered by Kelly, who found
that there is a significant correlation between the ratio of cellulose to lignin and the landfill
stabilization process [11]. Similarly, Li proposed that the BDM and the ratio of cellulose to
lignin (C/L) can accurately reflect the stabilization process, reducing the interference by
waste heterogeneity [12]. Meanwhile, the Respiration Index (RI) has been considered an
important index to evaluate the biodegradability of solid waste, which can react with the
oxygen consumed by the waste during a specified period.

Considering the differences in the degradation rates of waste from different regions
and depths, this paper used comprehensive measures to regulate the aeration mode and
volume to improve the anaerobic remediation efficiency of the landfill and introduced the
DRI parameter to forecast the changes in the oxygen demand of waste at different landfill
depths and landfill ages.

2. Materials and Methods

2.1. Description of the Case Study

The Huaming Landfill is located in Tianjin province. The waste volume buried within
the soil is estimated to be within ~600,000 to 700,000 cubic meters. For historical reasons,
the local district lacks suitable facilities for the harmless disposal of household waste. The
household waste in the local district is mainly disposed of at the Dahanzhuang Landfill,
Shuanggang Incineration Plant, and Beichen Shuangkou Landfill. Owing to the rapid
development of the city since 2013, the generation of household waste has continuously
increased; hence, the Huaming Landfill has become a place where residents living on
Huaming Street discard their waste. Moreover, residents from nearby areas also add
their own waste. In addition, the Huaming Landfill is a non-standard landfill with no
environmental protection facilities such as anti-seepage, leachate treatment, or landfill gas
discharge, all of which pose a great hazard to the local atmosphere, the surrounding water
environment, and the residents’ safety and well-being. Therefore, this project has decided
to use an aerobic restoration method to rapidly degrade organic pollutants in the waste
to eliminate the negative impact of waste on the surrounding environment in the shortest
possible time. The Aerial view of the Huaming landfill site was shown in Figure 1.

This experiment was conducted at a landfill in Tianjin. The landfill covers an area of
about 160,000 m2, with a landfill depth of 11 m, 700,000 m3 MSW, and 800,000 m3 leachate.
The site has been used for the treatment of MSW since the year 2013.

The experiment was sampled at various depths of 2 m, 5 m, and 9 m at 20 points in
different areas of the landfill. The sand-filling method was used to measure the average
density of samples. The following table shows the average density of the landfill:

Table 1 shows the trend of average density variation in the landfill increasing along
with depth. This increase occurs because the waste in the landfill areas is mainly composed
of MSW, which has a high organic content. The decay and the self-weight of waste
increase the density of the landfill. The density of waste at a depth of 9 m can reach up to
1024 kg/m3.
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Figure 1. Aerial view of the Huaming landfill site.

Table 1. Analysis of the average density of waste samples at different depths in the landfill.

Depth (m) 2 5 9

Landfill age (a) 1~2 3~5 6~8

Average Density (kg/m3) 689 812 926

2.2. Bio-Reactor Description and Monitoring Plan

The experiment was designed as a parallel study to investigate the effect of different
aeration methods on the rapid stabilization of the Huaming landfill site. It considers the
energy consumption and remediation effects in order to determine the best disposal plan for
the landfill. The dominant kind of waste in the Huaming landfill is mainly from domestic
sources, based on the different depths of the landfill, which is mainly divided into three
parts: within two years, two to five years, and five to nine years. For waste sampled at
different depths and different landfill ages, the experiment used intermittent aeration to
achieve rapid stabilization of the landfill. Fresh waste obtained within two years has a
high content of self-generated organic matter and a high BDM, and this was continuously
and rapidly aerated to degrade the organic matter present in the waste. Some of the easily
degradable organic matter present in the waste obtained within a two to five-year period
has been degraded. Limited aeration can create aerobic-anaerobic zones within the landfill,
thus increasing the variety of bacteria responsible for degradation to achieve the synergistic
removal of carbon and nitrogen. However, at a longer landfill age of five to nine years, most
of the organic matter occurring in the waste is difficult to degrade. These types of waste
include rubber, plastic, and lignin, which have low degradability. Moreover, according to
the results obtained from small-scale experiments, the optimal moisture content for aerobic
restoration of waste is in the range of 40–50%, and the optimal oxygen concentration is
above 15%. Furthermore, oxygen concentration has a greater effect on waste degradation
than moisture content. Therefore, the experiment simulates the aerobic restoration of waste
in the landfill for three different landfill ages by setting up three reactors (referred to as M1,
M2, and M3) to provide a reference for subsequent research studies.

Establishment of Experiment System

Three bioreactors were set up to evaluate the effect of aerobic stabilization technology
on waste bodies and leachate composition at different depths. The effective diameter of
the experimental column (D) is 1500 mm, the effective length (h) is 1630 mm, the effective
volume of the experimental column (V) is 2.88 m3, and the average density of the waste is
0.85 t/m3.
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In the experiment, stratified aeration technology was used to stabilize the landfill
waste based on the different landfill depths and landfill ages. Considering that the high
content of organic matter and the BDM of waste is less than two years of landfill age,
continuous aeration will be used to rapidly degrade the organic substances. Even though
there is a limited supply of oxygen for waste obtained within two to five years, the aerobic
and semi-aerobic areas can be built inside the bioreactor to increase the type of degrading
bacteria, which will remove the carbon and nitrogen concurrently. As for long-term landfill
waste with a period of five to nine years, the organic substances are rubber, plastic, and
lignin; these have low degradability. Consequently, three bioreactors (recorded as M1, M2,
and M3) are set in this experiment to simulate the stabilization of waste with different ages
in the landfill site and serve as a reference for this project.

The sampling method used in the experiment involves removing large debris (such as
stones larger than 50 cm) from the sample, then crushing the remaining waste into small
particles ranging from 100 mm to 200 mm using a crusher. Using a layered landfill and
manual compaction method, each landfill of 30 cm was compacted.

For the aeration, the reactor used a blower to aerate the waste in the reactor through a
buried aeration pipe 50 cm long and perforated 1 m away from the reactor surface. The
rector (M1) is filled with landfill waste with less than two years of landfill age that is
sufficiently aerated with air, whereas reactor (M2) is filled with landfill waste of two to
three years of landfill age intermittently aerated with air in the reactor every two days.
Meanwhile, reactor (M3) is filled with landfill waste of five to nine years of landfill age
without an aeration process.

A spray nozzle is installed at the top of the reactor, and a plurality of fan-shaped
nozzles is used. A peristaltic pump was used to spray the leachate from the top of the
reactor. The number and angle of the nozzles are adjusted to achieve the design area of the
spray. At the same time, leachate obtained from the landfill is used to backfill the M1, M2,
and M3 reactors. As the M1 continues to produce leachate, the leachate generated in the
reactor is backfilled to M2, whereas the leachate produced from the M2 reactor is backfilled
to the M3 reactor based on the design value. If the leachate produced is not sufficient to
meet the design value, the leachate obtained from the landfill site is used to supplement
the remaining part. The relevant system is shown in Figures 2 and 3 below:

Figure 2. The process of experimental system.

The experiment took samples of waste from the landfill at different depths of 0–2 m,
4–5 m, and 5–9 m. After the removal of large stones (>30 cm in diameter) and other
impurities, the samples were filled into the reactors in layers and compacted at every 20 cm
of depth. When the reactors were filled to the monitoring probe and vent pipe areas, the
probes and pipes were buried in place, and the waste was compacted into the reactors.
Because the waste at 5–9 m is older and more decomposed, the density of the M3 reactor
was found to be 1.1 t/m3, while the densities of the M1 and M2 reactors were 0.85 t/m3, as
shown in Table 2.
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Figure 3. The main view of experimental system.

Table 2. Reactor waste loading parameters.

Number Landfill Age (a) Mass (t) Density (t/m3)

M1 0~2 2.45 ± 0.01 0.85 ± 0.1

M2 2~5 2.45 ± 0.01 0.85 ± 0.1

M3 5~9 2.69 ± 0.01 1.1 ± 0.1

In these experiments, the waste samples were separated using a manual screening
method, and their components were classified. The experimental testing indicators and
methods were based on the requirements specified in the National Standards [13–15].

2.3. Monitoring Indicators and Frequency

During the experiment, the indicators of leachate and gas were monitored to assess the
stabilization process of the waste. Due to the heterogeneity of the waste in the landfill, many
researchers choose to monitor the indicators of the leachate and gas to characterize the
stabilization degree of the landfill. Among these indicators, the BOD5/COD and CO2/CH4
in leachate and CO2/CH4 in the gas are widely recognized and are significantly related to
the stabilization degree of the landfill. When the BOD5/COD < 0.1 and CO2/CH4 < 0.5,
the landfill is considered to have completed the stabilization process [8,16,17]. Therefore,
this study observed the indicators of the leachate to characterize the stabilization degree of
the waste, and the relevant monitoring indicators are listed in Table 3.

Table 3. The monitoring indexes and frequencies of the gas-water joint regulation system.

Type Indicators Method Frequency

Compaction density Sand filling method [18] Every 15 days

Settlement Leveling instrument measurement method Every 15 days

Organic compound Cauterant method Every 15 days

Solid VOC GC-MS Every 15 days

Cellulose DNA colorimetry Every 15 days

Hemicellulose DNA colorimetry Every 15 days

Lignin Klason method [19] Every 15 days

Liquid

COD Potassium dichromate oxidation method Every 15 days

BOD5 Dilution and cultivation method Every 15 days

Ammonia nitrogen Distillation titration method Every 15 days

Total nitrogen Alkaline potassium persulfate digestion-UV
spectrophotometry Every 15 days
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3. Results and Discussion

3.1. Preliminary Landfill Characterization

The sample, after being crushed and dried, was analyzed through manual screening
and mesh screening. The characteristics of waste components from the Landfill are shown
in Table 4. The word “mixture” refers to a mixture of components with less than 10 mm
particle size.

Table 4. Analysis of waste compositions in a landfill.

Components
Mass Percentage at

2 m Depth (%)
Mass Percentage at 5

m Depth (%)
Mass Percentage at

9 m Depth (%)

Plastic or rubber 36.74 52.22 32.42

Brick, tile, or ceramic 7.03 10.91 6.26

Textile 31.26 12.69 1.04

Metal 6.17 7.38 15.7

Paper 16.6 0.64 3.32

Mixture 2.2 16.16 41.26

Physicochemical Properties

Table 5 shows the physical and chemical characteristics of the waste samples in
this experiment.

Table 5. Physical and chemical characteristics of waste in landfill.

Type
Mass Ratio of Waste

at 2 m Depth (%)
Mass Ratio of Waste

at 5 m Depth (%)
Mass Ratio of Waste

at 9 m Depth (%)

Water content 58.94 24.03 17.39

Organic compound 28.74 18.22 9.02

Volatile solid (VS) 44.48 50.14 6.54

BDM 38.78 26.12 3.61

Cellulose (C) 6.04 1.26 0.68

Hemicellulose 39.80 11.18 0.40

Lignin (L) 26.57 24.53 6.38

The results of the waste composition and physicochemical properties show that there
are differences in the content of the waste and organic matter at different depths and
landfill ages. The landfill age of waste was divided into three parts: less than two years,
two to approximately five years, and five to approximately nine years, corresponding to
the landfilled depth of 0~2 m, 2~5 m, and 5~9 m, respectively.

3.2. Development of Aeration and Reinjection

Static Respiration Index (SRI) is obtained by observing a change in the oxygen concen-
tration in a closed container with the samples [20]. In contrast, the Dynamic Respiration
Index (DRI) is derived by calculating the changes in the concentration of oxygen from
the inlet and outlet airflow around samples 12 instantaneous times within 24 h, taking
into consideration the solid weight, gas flow rate, and time variation. The DRI represents
the highest activity of microorganisms during the four-day observation period [21]. The
mathematical expression for the DRI is shown below:

DRI = ∑DRIdm/12 (1)

DRIdm (mgO2 kg DM−1 h−1) = Q × θ × ΔO2 × Vg−1 × 31.98 × DM−1 × θ−1 (2)
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where Q is the gas flow rate (measured in L/h); θ is the data acquisition time (s); ΔO2 is the
difference between the oxygen concentration levels at the inlet and outlet gas flow of the
reactor (mL/L); Vg is the molar volume of gas, (L/mole); 31.98 is the molecular mass of
oxygen, (g/mol); and DM is the dry weight of the sample (kg).

By sampling and analyzing the waste sample in two years of landfill age, the changing
trend of waste DRIdm data is shown in Figure 4.

 

Figure 4. The change of waste DRIdm in the landfill over time.

Researchers found that the Static Respiratory Index (SRI) and Dynamic Respiratory
Index (DRI) are both effective in reflecting the biodegradability of solid waste, though the
data of both indices change in consistency [22]. Therefore, the ventilation quantity in this
experiment is calculated based on the DRIdm value measured from the waste component
with the following equation:

Q =
DRIdm × mi

(1 − W)× 0.21 × 1.429 × K × T × 1000
(3)

where Q is the total air volume (measured in L/h); DRIdm is the dynamic respiratory index
of the sample, (mg/(kg·h)); mi is the mass of the sample (kg); W is the moisture content of
waste, (%); 0.21 is the volume fraction of oxygen in the air (%); T is the full load operation
repair period, (h); 1.429 is the density of oxygen under standard conditions, (g/L); and K is
the oxygen utilization rate (%).

According to the DRIdm monitoring results, the peak value for the DRIdm in the
past 100 days for the waste anaerobic digestion system was selected as 2985 mg/(kg×h).
However, for the 60-day period of the past two years, the value of 1522 mg/(kg×h) was
selected as the design value for the 100- to 200-day period based on the 150-day average
value from the trial period. The design value for oxygen utilization efficiency was set at 60%.

To maintain the required leachate levels, the amount of backflow is calculated based
on the amount of leachate generated from the landfill. This calculation was specified in the
“Technical code for leachate treatment of municipal solid waste” CJJ150-2010. The equation
is as presented below:

Q =
I × (C1 A1 + C2 A2 + C3 A3)

1000
(4)

where Q is the leachate produced (measured in m3/d); I is the multi-year average daily
rainfall (mm/d); A1 is the catchment area of the work unit, (m2), C1 is the exudation
coefficient of the work unit; A2 is the catchment area of intermediate coverage unit, (m2);
C2 is the seepage coefficient of intermediate cover unit; A3 is the catchment area of terminal
coverage unit (m2); and C3 is exudation coefficient of final covering unit.

The study also considered the maximum water retention of MSW in the landfill
for re-injection and daily re-injection of leachate into the reactor with spray irrigation.
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The water retention of MSW, the water supply, and the water retention at the landfill
were in agreement with the relevant research results, which were determined as 47.19%,
28.75%, and 18.44%, respectively [12]. The minimum area of the re-injection unit (Amin) was
calculated as follows:

Amin =
Q

C × H
(5)

where Amin is the minimum area of reinjection unit (m2/d); Q is the leachate production
(m3/d); C is the water holding capacity of domestic waste (%); and H is the effective landfill
depth (m).

In conclusion, the design parameters of the experimental reactors M1, M2, and M3 are
shown in Table 6 below:

Table 6. Ventilation and recirculation system parameters.

Air Volume during
0~100 Days (L/h)

Air Volume during
100~200 Days (L/h)

Air Volume during
200~300 Days (L/h)

Recharge Volume
(m3/d)

Reinjection Area
(m2/d)

M1 30.78 12.37 7.89 0.196 ± 0.1 0.652

M2 16.24 8.98 3.40 0.196 ± 0.1 0.652

M3 0 0 0 0.215 ± 0.1 0.715

3.3. Effects on Waste and Leachate
3.3.1. BOD5 and COD

The variation of leachate in M1, M2, and M3 reactors after 300 days of aerobic remedia-
tion testing is shown in the Figures 5 and 6 below:

Figure 5. The trend of BOD5 over time.

 

Figure 6. The trend of COD over time.

The results demonstrate that the aerobic-semi aerobic-anaerobic process is highly
effective in reducing the BOD5 and COD values in the leachate of the landfill. The M1
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reactor achieved an outstanding BOD5 reduction rate of 99.3% and a COD reduction rate
of 95.7% when the BOD5 was reduced to 50 mg/L. The high reduction rate is observed in
the M1 reactor due to the young age of the waste in the reactor, which contained a high
concentration of readily decomposable organic matter. The M2 reactor, which contained
waste of intermediate age, achieved a BOD5 reduction rate of 96.5% and a COD reduction
rate of 93.4% when the BOD5 was reduced to 356.4 mg/L. The M3 reactor, which contained
much older waste, achieved a BOD5 reduction rate of 67.9% and a COD reduction rate of
49.1% when the BOD5 was reduced to 1730 mg/L. Although the M3 reactor had a lower
reduction rate, it still achieved a significant reduction in BOD5 and COD values. The
results demonstrate that the aerobic-semi aerobic-anaerobic process has a positive impact
on the degradation of organic matter in the leachate, making it a promising method for the
treatment of landfill leachate.

3.3.2. BOD5 to COD (B/C) Ratio

The BOD5 to COD (B/C) ratio, representing the ratio of biodegradable organic carbon
in landfill waste, is a crucial indicator of waste stabilization, was shown in Figure 7. The
experimental results demonstrated that the B/C values of the M1 and M2 reactors are 0.10
and 0.11, respectively, indicating that the waste in these reactors had undergone significant
stabilization. The B/C value of the M3 reactor was relatively higher, at 0.39, suggesting
that more time might be required to achieve complete stabilization. These findings are
presented in the figure below, which displays the B/C data for each of the three reactors.
Overall, these results indicate that the experimental design was successful in achieving
waste stabilization.

Figure 7. The trend of BOD5/COD over time.

The high concentration of pollutants in the landfill can be attributed to the fact that
most of the waste comes from the surrounding households, producing a significant impact
on the landfill’s condition. As the landfill’s depth increases, the age of the waste gradually
increases, with the surface layer containing waste that is no more than one year old,
while the waste found in the deeper layers could be older than eight years. The M1 and
M2 experimental reactors exhibited high concentrations of pollutants because the waste
deposited in them was relatively new, ranging from one to five years, and these contained
a higher portion of readily decomposable organic matter.

Moreover, the gas-water control technology employed in the experiment proved
effective in promoting the decomposition of organic matter in the waste. The B/C ratio
for the M1 and M2 reactors reached 0.10 and 0.11, respectively, indicating that the waste
stabilization process was close to completion. The M3 reactor also had a lower B/C ratio,
indicating that the employed anaerobic technology not only had a positive effect on the
decomposition of new waste but also played a role in the anaerobic decomposition of
older waste in the landfill. Overall, the experiment demonstrated that effective waste

116



Processes 2023, 11, 2382

management strategies, such as gas-water control and anaerobic technology, can help to
stabilize landfill conditions and promote the decomposition of organic matter in the waste.

3.3.3. NH3-N and TN

Moreover, the experiment demonstrates a significant reduction in NH3-N and TN
concentrations in the M1, M2, and M3 reactors, with corresponding reduction rates of 99.2%,
98.3%, and 88.3% for NH3-N and 98.8%, 98.5%, and 74.6% for TN, respectively. These results
indicate that the aerobic-semi aerobic-anaerobic process effectively aerated and oxidized
the leachate in the reactors. The decrease in NH3-N and TN concentrations is illustrated
in the figure below. The reductions in NH3-N and TN concentrations in the reactors were
likely due to the combined effects of the nitrification and denitrification process, as well
as the anaerobic degradation of nitrogen-containing organic compounds. Overall, these
results suggest that the aerobic-semi aerobic-anaerobic process has the potential to serve as
an effective method for the treatment of leachate from landfills. The trend of NH3-N and
TN over time was shown in Figures 8 and 9.

 

Figure 8. The trend of NH3-N over time.

 

Figure 9. The trend of TN over time.
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3.3.4. The Sedimentation Settling Rate Changes

The settling rate is another important parameter that evaluates the stability of the
waste landfill. After 300 days of weathering and joint treatment, the settling rate of the M1
reactor was found to be 260.5 mm, which is significantly higher than that of the M2 reactor
at 162.2 mm. This difference can be attributed to the high proportion of organic matter
present in the waste inside the M1 and M2 reactors and the positive impact of gas-water
joint treatment technology on removing the organic matter from the waste. As a result,
the waste in these reactors slowly settles down due to gravity. In contrast, the rate of
degradation of the waste in the M3 reactor is limited; therefore, the settling effect is not
obvious. The changes in the settling rate are shown in Figure 10 below, highlighting the
significant increase in the settling rate in the M1 reactor after the treatment.

 

Figure 10. The trend of settling rate over time.

3.4. Discussion

The experiment revealed that the aerobic-semi aerobic-anaerobic reaction has great
potential in the rapid and stable treatment of municipal solid waste with different landfill
ages. The system proved highly stable and efficient in removing organic components from
the waste and leachate. After aeration process, the BOD5 and COD in the leachate were
quickly degraded in the M1 and M2 reactors. Additionally, after being treated with aeration,
the leachate was re-injected into the M3 reactor, which further accelerated the reaction,
even in anaerobic conditions. The aerobic pre-treatment has a promoting effect on the
degradation of fat, carbohydrate, protein, and lignin in the waste components [23]. In
addition, aerobic pre-treatment can enhance the methane production ability of landfill. Fur-
thermore, due to the rapid degradation of organic components in the waste during aerobic
pre-treatment, the porosity of waste components increases, forming positive feedback and
accelerating the rate at which organic matter is decomposed in the waste heap. At the
same time, because fresh waste has a high content of easily degraded organic matter, the
population and activity of the degradation bacteria in fresh waste are significantly higher
than those in aged waste. Moreover, the solubility of organic matter in saturated organic
components is significantly higher in fresh waste leachate than in aged waste leachate [24].
Leachate recycling through irrigation is beneficial and increases the population of bacteria
in the aged waste, continually promoting the activity of aerobic microorganisms in fresh
waste and thus improving the overall metabolic efficiency of the waste.

In this study, various techniques were employed to achieve the effective removal of
ammonia and nitrogen from landfill waste. The use of aerobic, semi-aerobic, and anaerobic
environments allowed for the improvement of the nitrification-denitrification process,
which is crucial for this process. Additionally, joint leachate irrigation technology was
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utilized to ensure that the leachate remained in the landfill reactors for a sufficient period of
time to allow the ammonia and nitrogen to undergo short-term nitrification-denitrification
synchronization. This synchronization is vital to effectively remove ammonia and nitro-
gen from the leachate. Furthermore, researchers conducted quasi-oxygen nitrification-
denitrification batch tests and found that different denitrifying bacteria also play a crucial
role in the oxygen nitrification-denitrification process [25]. However, in anoxic environ-
ments, the removal of nitrogen from the waste is primarily contributed by the anoxic
ammonia oxidation bacteria. Thus, optimizing the conditions for both types of bacteria is
essential for efficient ammonia and nitrogen removal from landfill waste.

In terms of oxygen utilization efficiency, the indicator of DRIdm was used to depict the
oxygen demand of different components in the waste during the gas-water joint regulation
process. Combined with leachate back-pumping technology, it promotes the richness
and activity of microorganisms in different reaction columns and enables high-efficiency
denitrification of short-term nitrification, anoxic ammonification, and aerobic degradation
of waste. However, in contrast to the traditional aerobic rehabilitation technology of
landfills in China, which uses the BDM or porosity method, stable continuous/intermittent
aeration of the landfill is carried out after setting the target value [26,27], and the required
oxygen supply for calculation is 92.5 L/h, consumes more oxygen than the two methods
mentioned above. Compared with these two methods, the DRIdm indicator can reduce air
exposure by 60%, greatly reducing the operation cost.

Moreover, the gas-water joint treatment technology proved to be effective in removing
organic matter from the waste, as was evidenced by the high settling rates observed in
the M1 and M2 reactors. Overall, this study highlights the potential of this technology
for sustainable waste management and presents a promising solution for waste treatment
in landfills.

4. Conclusions

In-situ aeration technology accelerates the stabilization of MSW landfills through
enhancing the degradation of organics, but it still suffers the high energy-consuming and
operating costs due to low oxygen utilization efficiency. This research aims to improve
oxygen utilization efficiency and therefore improve the designing and engineering of the
in-situ aeration process in MSW landfills. Herein three different reactors of M1, M2, and
M3 were constructed, with different age wastes in piles, and were treated under aerobic,
semi-aerobic, and anaerobic conditions, during which the leachate was recirculated, the dy-
namic respiratory index was monitored, and gas-water control parameters were optimized
at different landfill depths. Furthermore, this study monitored the efficiency of the removal
of ammonia and nitrogen from landfill waste, including the use of different environments,
leachate irrigation technology, and different types of bacteria. Such techniques are crucial
for effective waste management and the protection of the environment. The results show
that the simultaneous control of gas and water can significantly improve the rate at which
organic matter is removed from the landfill. The COD, BOD, NH3-N, and TN were all
significantly reduced. Compared with the traditional means of aeration, this method can
significantly reduce the quantity by more than 60%. Overall, our study has demonstrated
the potential benefits of incorporating aerobic pre-treatment and leachate into waste man-
agement practices, which can help to improve the efficiency and sustainability of waste
treatment processes.

Author Contributions: Methodology, H.Z., T.P. and J.L.; Validation, Y.G.; writing—original draft
preparation, J.L.; Writing—review and editing, Y.G. and L.H.; Supervision, G.C. All authors have
read and agreed to the published version of the manuscript.

Funding: This research received no external funding.

Institutional Review Board Statement: The study did not require ethical approval.

Informed Consent Statement: Not applicable. The study did not involve humans.

119



Processes 2023, 11, 2382

Data Availability Statement: Data is unavailable due to local privacy.

Conflicts of Interest: The authors declare no conflict of interest.

References

1. Read, A.D.; Hudgins, M.; Phillips, P. Perpetual landfilling through aeration of the waste mass; lessons from test cells in Georgia
(USA). Waste Manag. 2001, 21, 617–629. [CrossRef] [PubMed]

2. Slezak, R.; Krzystek, L.; Ledakowicz, S. Degradation of municipal solid waste in simulated landfill bioreactors under aerobic
conditions. Waste Manag. 2015, 43, 293–299. [CrossRef] [PubMed]

3. Liu, L.; Ma, J.; Xue, Q.; Shao, J.; Chen, Y.; Zeng, G. The in-situ aeration in an old landfill in China: Multi-wells optimization
method and application. Waste Manag. 2018, 76, 614–620. [CrossRef]

4. Öncü, G.; Reiser, M.; Kranert, M. Aerobic in situ stabilization of Landfill Konstanz Dorfweiher: Leachate quality after 1 year of
operation. Waste Manag. 2012, 32, 2374–2384. [CrossRef] [PubMed]

5. Heyer, K.U.; Hupe, K.; Ritzkowski, M.; Stegmann, R. Pollutant release and pollutant reduction—Impact of the aeration of landfills.
Waste Manag. 2005, 25, 353–359. [CrossRef] [PubMed]

6. Ritzkowski, M.; Stegmann, R. Landfill aeration worldwide: Concepts, indications and findings. Waste Manag. 2012, 32, 1411–1419.
[CrossRef] [PubMed]

7. Ritzkowski, M.; Heyer, K.-U.; Hupe, K.; Stegmann, R. Long term landfill aeration by means of a wind driven air venting and
aeration system. Twelfth Int. Waste Manag. Landfill Symp. 2009, 15, 879–880.

8. Zhou, H.; Wang, Y.; Wang, P.; Ma, Z. Experimental study on key parameters of oxygen extraction technology in landfill treatment.
Green Technol. 2015, 33, 126–130.

9. Meng, F.; Guo, J.; Liu, Z.; Zhu, W.; Han, J.; Wu, S. Field Testing Study on Design Parameters of Aerobic Stabilization Process in
Landfills. Environ. Sanit. Eng. 2021, 29, 93–98.

10. Kadambala, R.; Powell, J.; Singh, K.; Townsend, T.G. Evaluation of a buried vertical well leachate recirculation system for
municipal solid waste landfills. Waste Manag. Res. 2016, 34, 1300–1306. [CrossRef] [PubMed]

11. Yang, X.; Cao, Z.; Ge, Y.; Dai, X. Design and Practice of Aerobic Stabilized Ventilation System of Landfill Sites. Green Technol. 2021,
20, 164–167, 171.

12. Li, R. Study on In Situ Aerobic Accelerated Stabilization of Landfill Waste. Ph.D. Thesis, Tsinghua University, Beijing, China,
2013.

13. GB/T 50123-1999; Standard for Soil Test Method. China Planning Press: Beijing, China, 1999.
14. GB/T 23857-2009; Monitoring and Testing in Municipal Solid Waste Landfill Degradation Treatment. AQSIQ: Beijing, China, 2009.
15. CJ/T 428-2013; Detection Methods for the Leachate from Municipal Solid Waste. MOHURD: Beijing, China, 2013.
16. Adani, F.; Lozzi, P.; Genevini, P. Determination of biological stability by oxygen uptake on municipal solid waste and derived

products. Compos. Sci. Util. 2001, 9, 163–178. [CrossRef]
17. Zhang, X. Design on the Landfill Leachate Reduction Control and Treatment Scheme in Tianshui City. Master’s Thesis, Lanzhou

University, Lanzhou, China, 2012.
18. Xu, B. Quality inspection method of layered compacted subgrade and engineering example analysis. EDP Sci. 2021, 248, 03068.

[CrossRef]
19. Wang, X.; Zhao, J.; Dong, C.; Shen, D.; Xiao, R. Structure characterization and pyrolysis behaviour of Klason lignin from wood.

J. Southeast Univ. Nat. Sci. Ed. 2014, 44, 782–786.
20. Tian, L.; Wang, H.; Yang, Y.; Qu, Z. Remediation of an Informal Landfill Site by In Situ Aeration. Environ. Eng. 2019, 37, 949–954.
21. Iannotti, D.A.; Pang, T.; Toth, B.L.; Elwell, D.L.; Keener, H.M.; Hoitink, H.A.J. A quantitative respirometric method for monitoring

compost stability. Compos. Sci. Util. 1993, 1, 52–65. [CrossRef]
22. Kelly, R.J. Solid Waste Biodegradation Enhancements and the Evaluation of Analytical Methods Used to Predict Waste Stability.

Master’s Thesis, Virginia Polytechnic Institute and State University, Blacksburg, VA, USA, 2002.
23. Li, L.; Peng, Y.; Tan, H.; Yang, P.; Ru, L.; Wang, X.; Peng, X. Application status and research progress of in-situ landfill aeration.

China Environ. Sci. 2021, 41, 2725–2736.
24. Xu, H. Large-Scale Model Test and Application of Biochemical, Hydraulic and Mechanical Interaction of High Kitchen Waste.

Ph.D. Thesis, Zhejiang University, Zhejiang, China, 2016.
25. Gao, B. Application of solid aerobic biological reaction technology in the treatment of inventory. Guangdong Chem. Ind. 2018, 45,

217–218, 220.
26. Ni, Z. Regulation Mechanism of MSW “Aerobic-Anaerobic-Aerobic” Three-Stage Bioreactor Landfill. Ph.D. Thesis, Tsinghua

University, Beijing, China, 2017.
27. Jiang, C. Study on Acceleration of Waste Stabilization in Semi-Aerobic Landfill. Master’s Thesis, Changchun University,

Changchun, China, 2020.

Disclaimer/Publisher’s Note: The statements, opinions and data contained in all publications are solely those of the individual
author(s) and contributor(s) and not of MDPI and/or the editor(s). MDPI and/or the editor(s) disclaim responsibility for any injury to
people or property resulting from any ideas, methods, instructions or products referred to in the content.

120



processes

Article

Nano Zero-Valent Iron (nZVI) Encapsulated with ABS
(nZVI/(ABS + EC)) for Sustainable Denitrification Performance
and Anti-Aggregation

Fanbin Meng 1,2, Yuning Yang 1, Miao Li 2,*, Qizhi Zhu 1, Bing Qin 1 and Chunpeng Yang 1

1 SINOPEC Research Institute of Petroleum Processing Co., Ltd., Beijing 100083, China;
mfb1469@163.com (F.M.); qinbing.ripp@sinopec.com (B.Q.); yangchunpeng.ripp@sinopec.com (C.Y.)

2 School of Environment, Tsinghua University, Beijing 100084, China
* Correspondence: miaoli@tsinghua.edu.cn

Abstract: Aggregation and sharp reactivity decrease are the key problems of using nano zero-valent
iron (nZVI) as a potential reaction medium for a permeable reactive barrier (PRB). In this study, nZVI
particles encapsulated within an acrylonitrile–butadiene–styrene (ABS) matrix (nZVI/(ABS + EC))
was fabricated, which for the first time successfully simultaneously solved the above problems via
accurately regulating the distribution of nZVI particles in the ABS matrix and regulating the contact
between nZVI particles and the contaminated aqueous environment. In addition, the size and number
of the pores throughout the ABS matrix were first regulated by ethyl cellulose (EC) for the purpose
of controlling the contact between nZVI particles and the nitrate contaminant, affording apparent
rate constants (kobs) for denitrification performance in the range of 0.0423 to 0.0820 min−1. The
remediation of simulated nitrate-contaminated solution by nZVI/(ABS + EC) was suitably described
by the first-order kinetics model, with kobs ranging from 0.0423 to 0.2036 min−1, and functional
relationship models of kobs with the dosages of EC (dEC) and nZVI (dFe) during encapsulation were
developed for the quantitative regulation of a sustainable denitrification performance. Results
revealed that encapsulation prevents the aggregation of nZVI, rendering a sustainable denitrification
performance of the material; the denitrification performance was demonstrated to be affected and
quantitatively regulated by the encapsulation and application conditions. Using nZVI/(ABS + EC)
as the reaction medium for PRB, the pore blocking of PRB can be avoided, and the sustainable
remediation performance can be quantitatively regulated and predicted.

Keywords: nano zero-valent iron; permeable reactive barrier; denitrification performance; aggregation;
reactivity decrease

1. Introduction

Nitrate is a pervasive and typical groundwater contaminant [1] originating from
sources like industrial and domestic waste [2], extensive use of fertilizers [3], and emissions
of animal dung [4]. Moreover, the consumption of nitrate-contaminated groundwater can
increase the risk of gastric and esophageal cancers and lead to methemoglobinemia in
babies [5,6].

As the key technology for the in situ remediation of nitrate-contaminated ground-
water, currently, permeable reactive barrier (PRB) remediation systems mainly use highly
reductive, cost-effective zero-valent iron (ZVI) as the reaction medium [7,8]. Owing to its
high specific surface area, nZVI exhibits a high reactivity and contamination removal rate.
A kinetics study revealed that the reduction rate of nitrate by nZVI is 10 to 100 times more
rapid than that of micro-scale iron particles [9–11]. Hence, PRB using nZVI as the reaction
medium exhibits an advantage for the removal rate of the contaminant and elimination of
the pollutants at high concentrations. In view of the rapid development of nanotechnology
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and considerable potential advantages of nZVI, experiments and applications using nZVI
as the reaction medium for PRB have been performed by several researchers [12–14].

However, aggregation [15,16] and poor reactivity persistence [17] are the bottleneck is-
sues in the use of nZVI as a reaction medium for PRB [18,19]. Hence, several studies [20,21]
have been extensively conducted to overcome these bottleneck issues. The encapsulation
of nZVI particles in a porous matrix is a typical approach to immobilize nZVI particles and
ultimately prevent aggregation [22]. Calcium alginate beads constitute one of the typical en-
capsulation materials, and these beads have been used to immobilize nZVI particles [23,24].
Encapsulated nZVI particles can contact and react with contaminants via holes through-
out the calcium alginate beads. In addition to calcium alginate, polystyrene (PS) [25],
chitosan [26], and carbon spheres [27,28] have been used to prevent the aggregation of
nZVI particles.

To increase the reactivity persistence of nZVI, several strategies [20,21] have been
developed to extend its reactivity period. The most sophisticated method to improve the
longevity of nZVI is to emulsify nZVI particles with vegetable oil and other additives to
decrease their corrosion rate [29]. The emulsification of nZVI considerably increases its
longevity by restraining the contact between nZVI particles and the contaminant [21]; how-
ever, owing to its good flow behavior, nZVI emulsified with vegetable oil is only suitable
for in situ remediation and not for PRB remediation. Complicated hydrogeology may
have resulted in the destabilization of the nZVI and vegetable oil suspension, ultimately
leading to aggregation. Generally, previous studies have focused on solving either the
aggregation or poor reactivity persistence; however, few studies on synchronously solving
both aggregation and poor reactivity persistence have been conducted, and studies on the
quantitative regulation of the nZVI reactivity persistence have not been conducted.

Synchronously solving both aggregation and poor reactivity persistence constitutes
the core issue for using nZVI as the reactive medium for PRB; therefore, the key technology
is to synchronously implement the immobilization of nZVI particles and control the contact
between the nZVI particles and contaminant. Encapsulation is typically employed to stabi-
lize active ingredients in drug delivery [30–33], pesticides [34–37], self-healing [38], and
food [39–41]. However, current studies [42] devoted to the use of nZVI as an alternative
reactive media for PRB have mostly focused on the use of encapsulation for immobiliz-
ing nZVI to prevent aggregation. Encapsulation has been rarely applied to improve the
longevity of nZVI, and attempts have not been made to employ encapsulation to simulta-
neously reduce aggregation and prevent the sharp reactivity loss of nZVI to the best of our
knowledge. The ability of encapsulation to immobilize nZVI and prevent aggregation has
been demonstrated by previous studies. Previous studies have reported that encapsulation
can enable the sustainable release of reactive nZVI and ultimately maintain its continuous
reactivity. Hence, encapsulation is feasible to simultaneously prevent aggregation and
increase the reactivity persistence of nZVI.

However, to the best of our knowledge, studies have not been conducted to employ
the encapsulation for the synchronous solution of aggregation and sharp reactivity de-
crease in nZVI and to quantitatively regulate the reactivity persistence of nZVI. Hence, this
study explores the encapsulation of nZVI particles into an acrylonitrile–butadiene–styrene
(ABS) matrix to immobilize nZVI particles. In addition, different dosages of ethyl cellulose
(EC) were used to modify the pores throughout the ABS matrix to regulate the size and
number of holes and further control the contact between nZVI particles and the contami-
nant. Moreover, the apparent rate coefficient (kobs) for nitrate removal using encapsulated
nZVI was calculated by numerical simulations by utilizing different dosages of EC and
Fe0 based on batch experiments. In addition, effects of the morphology, structure, and
denitrification conditions on the denitrification performance of nZVI encapsulated in ABS
were thoroughly investigated.
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2. Experimental

2.1. Materials and Methods

ABS (industrial grade, Mw = 10,000–12,000) was provided by Langfang Juxin Plastic
Factory (Langfang, China). Both ethyl cellulose (EC) and polyvinyl pyriloxanone (PVP,
K30) were supplied by Sinopharm Chemical Reagent Co., Ltd. (Beijing, China). Ferrous
sulfate (FeSO4•7H2O, >99%) was purchased from Fuchen (Tianjin) Chemical Reagent Co.,
Ltd. (Tianjin, China) Methylene dichloride (CH2Cl2, >98%), ethanol (CH3CH2OH, >99.7%),
and n-heptane were purchased from Beijing Chemical Works (Beijing, China). Sodium
borohydride (NaBH4, >99%) was producted by Shanghai Aladdin Biochemical Technology
Co., Ltd. (Shanghai, China). Polydimethylsiloxane (PDMS, commercial grade, 3000 cSt)
were obtained from Dow Coring XIAMETER® (DeLand, FL, USA). All reagents were used
as received. Deionized water was used throughout this research and was deoxygenated
before use.

In this study, reagent-grade NaNO3, which was purchased from Sinopharm Chemical
Reagent Co., Ltd. (Beijing, China), was chosen as the target compound. The simulated
pollutant solution with different NO−

3 -N concentrations were prepared by dissolving
specified amounts of NaNO3 in deoxygenated water.

To monitor the denitrification performance of the following samples, 0.5 mL aliquots
were extracted at various reaction times. Then, they were diluted to 25.0 mL to analyze
the NO−

3 -N concentrations using ultraviolet spectrophotometry (HACH DR6000, HACH,
Loveland, CO, USA) at the absorbance wavelengths of 220 and 275 nm.

2.2. The nZVI Preparation

The synthesis of nZVI was carried out by a classical liquid phase reduction method.
At room temperature (25 ◦C), 0.50 g of PVP was added to a FeSO4•7H2O solution (50 mL,
0.01 mol/L) and stirred by a mechanical agitator at a rate of 200 r/min. After 20 min,
the PVP was completely dissolved, and then 50 mL of NaBH4 solution (0.03 mol/L) was
poured into the above mixed solution of FeSO4•7H2O and PVP. After 10 min, the generated
Nzvi particles were collected via magnetic separation. Finally, the obtained Nzvi particles
were washed three times with 100 mL of ethanol, and then dried at 60 ◦C using a vacuum
drying oven (DHG-9005, Yi Heng, Shanghai, China).

2.3. Encapsulation of Nzvi Particles

First, the shell material solution was prepared by dissolving 0.25 g of ABS and the
desired weight of EC into 30 mL of methylene dichloride in a 100 mL three-neck round-
bottom flask under 200 r/min stirring. After that, the synthesized Nzvi particles were added
into the above shell material solution. After 10 min, the nZVI particles were successfully
suspended in the shell material solution, and then 30 mL of PDMS was added dropwise
into the above suspension to induce the coacervation of ABS and EC. After titration, the
mixture in the three-neck round-bottom flask was poured into 250 mL of n-heptane to
solidify the shell, and the obtained particles were also collected via magnetic separation.
The collected particles were washed three times with 100 mL of n-heptane, and then soaked
in 50 mL of ethanol for 24 h to remove EC. Finally, the particles were separated from the
ethanol and dried at 60 ◦C in a vacuum drying oven for 6 h, and the obtained sample was
named nZVI/(ABS + EC). In addition, the parameter conditions and nomenclature for the
samples prepared in this study are shown in Table 1.
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Table 1. Nomenclature for nZVI/(ABS + EC) samples fabricated under various encapsulation conditions.

Sample No. m (ABS) m (EC) m (nZVI) Nomenclature

1 0.25 0.15 0.15 nZVI/(ABS + EC) - (0.6–0.6)
2 0.25 0.15 0.20 nZVI/(ABS + EC) - (0.6–0.8)
3 0.25 0.15 0.25 nZVI/(ABS + EC) - (0.6–1.0)
4 0.25 0.15 0.50 nZVI/(ABS + EC) - (0.6–2.0)
5 0.25 0.00 0.25 nZVI/ABS
6 0.25 0.02 0.25 nZVI/(ABS + EC) - (0.08–1.0)
7 0.25 0.05 0.25 nZVI/(ABS + EC) - (0.2–1.0)
8 0.25 0.10 0.25 nZVI/(ABS + EC) - (0.4–1.0)
9 0.25 0.20 0.25 nZVI/(ABS + EC) - (0.8–1.0)

10 0.25 0 0 ABS

2.4. Characterization of the nZVI/(ABS + EC)

SEM:

Scanning electron microscopy (SEM, ZEISS Merlin, Oberkochen, Germany) was used to
observe the morphology of the ABS-encapsulated nZVI, the virgin nZVI/(ABS + EC) - (0.6–0.8), and
nZVI/(ABS + EC) - (0.6–0.8) after the denitrification reaction. Also, morphology changes in
the ABS and EC composites after immersion in ethanol were observed by SEM to verify
the fabrication mechanism of nZVI/(ABS + EC). Finally, nZVI/(ABS + EC) - (0.6–0.8)
was deironized after the deironization by immersion in the hydrochloric acid solution
(0.1 mol/L, 50 mL) for 48 h and then the matrix morphology of nZVI/(ABS + EC) was
observed by SEM.

BET:

The specific surface area, total pore volume and porosity of the nZVI/ABS, nZVI/(ABS
+ EC) without alcoholic impregnation, and nZVI/(ABS + EC) after alcoholic impregnation
were measured by a BET-surface area analyzer (Quantachrome Instruments, America),
and calculated by the Brunauer–Emmett–Teller (BET) and Barrett–Joyner–Halenda (BJH)
models from the N2 adsorption isotherms.

Batch experiment:

Batch experiments were carried out to determine the influence of preparation and deni-
trification conditions on the denitrification performance of nZVI/(ABS + EC). A comparison
experiment using nZVI and ABS as the denitrification agent was also conducted. All batch
experiments were conducted in 50 mL glass bottles under an anaerobic environment, and
the reaction temperature was controlled by a water bath (HH-8 Kexi, Kexi Co. Ltd., Beijing,
China). To create an anaerobic environment for our denitrification experiments, upon
addition of nZVI/(ABS + EC) to glass bottles containing the simulated pollutant solution,
the bottles were promptly sealed with aluminum caps and rubber stoppers to prevent
air ingress. Sampling at predetermined time intervals was conducted by penetrating the
rubber stopper with a syringe to extract 0.5 mL of sample, ensuring the maintenance of
anaerobic conditions throughout the nitrate removal process.

The effects of EC and nZVI dosage during preparation on the denitrification perfor-
mance of encapsulated nZVI were studied. The remediation of a solution of 50 mg/L
NO−

3 -N (25 mL) was conducted using 0.1 g of nZVI/(ABS + EC) fabricated with various
EC and nZVI dosages at 25 ◦C and an unregulated initial pH.

The factors for the NO−
3 -N removal by nZVI/(ABS + EC) were investigated by re-

mediating a NO−
3 -N solution (25 mL) at 25 ◦C, using nZVI/(ABS + EC) - (0.6–0.8) as the

reductant to remove nitrate.

(1) The initial pH of the system

Batch experiments were conducted at pH values of 3, 5, 7, 9, and 11 with an nZVI/(ABS
+ EC) - (0.6–0.8) dosage of 4 g/L and an initial NO−

3 -N concentration of 50 mg/L.
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(2) The initial NO−
3 -N concentration

Batch experiments were conducted at initial NO−
3 -N concentrations (c0) of 15 mg/L,

25 mg/L, 50 mg/L, 75 mg/L, and 100 mg/L with an nZVI/(ABS + EC) - (0.6–0.8) dosage
of 4 g/L without controlling the initial pH.

(3) The reductant concentration

Batch experiments were conducted at initial reductant concentrations of 2 g/L, 4 g/L,
6 g/L, and 8 g/L with an NO−

3 -N concentration of 50 mg/L and an uncontrolled initial pH.
In this study, based on the results of the above batch experiments, the denitrification

kinetics by nZVI/(ABS + EC) under various preparation conditions and denitrification
conditions were investigated by developing an nth-order reaction model (Equation (1)).

r = −d
[
NO−

3
]

dt
= kobs

[
NO−

3
]n (1)

where kobs is the observed nth-order reaction rate constant. The total duration of each set of
experiments was extended to 48 h to comprehensively assess the nitrate removal capability
of nZVI/(ABS + EC) over a broad range of operational conditions. However, detailed
observations and data analysis focused on the initial 24 h, during which the most significant
nitrate removal was observed, highlighting the rapid effectiveness of the nZVI/(ABS + EC)
system in reducing NO−

3 -N concentrations.

3. Results and Discussion

3.1. nZVI and Matrix Modification Mechanism

The SEM images in Figure 1 show that the obtained Fe0 particles were 70 nm and
spherical in shape. Obvious aggregation of nZVI particles appeared on the SEM image.
What is worse, the aggregation of nZVI particles deteriorated during the denitrification
process for the Fe0 corrosion reaction. ABS was used to encapsulate water-soluble core
materials (such as oxalic acid [43], potassium persulate [44]) for sustainable release perfor-
mance. Some small holes appeared on the surface of the ABS matrix, which can significantly
affect the nZVI release rate. Moreover, the surface appearance of the ABS and EC composite
matrix was similar to that of ABS (Figure 1b,c).

However, both the nZVI encapsulated with ABS and the composite of ABS and EC
exhibited very slow denitrification rates. The primary analysis suggests that the size
and number of pores influenced the denitrification rate, and these pores may have been
produced by the ethanol impregnation process of the ABS and EC composite (Figure 2).
After impregnation, more and larger holes appeared on the surface of the ABS and EC
composite matrix (Figure 2d). It can be inferred that the size and number of the pores was
controlled by the EC content of the composite.

3.2. Morphology Observation

After alcoholic impregnation, many pores were exposed on the matrix surface, and a
mass of catenaries constituted by nZVI particles appeared on the pore walls (Figure 3a,b).
The nZVI particles spread on the pore wall could limit particle movement and ultimately
prevent nZVI nanoparticle aggregation. After deironization via immersion in dilute HCl
solution, many more pores were observed in the nZVI/(ABS + EC) - (0.6–1.0) (Figure 3c),
which may have been caused by the removal of nZVI particles embedded in nZVI/(ABS +
EC) - (0.6–1.0). Also, the morphology of the nZVI/(ABS + EC) - (0.6–1.0) after denitrification
was observed by SEM, which showed that a number of irregularly-shaped particles were
attached to the surface and pore wall (Figure 3d), which could impede the contact of the
nZVI particles and contaminants. Therefore, it can be inferred from the obtained SEM
images that a large number of pores was produced by the fabrication method, and the
nZVI particles were successfully supported on the pore walls or were embedded within the
matrix. However, the deposition of iron oxides generated from the denitrification reaction
may adversely affect the denitrification rate.

125



Processes 2024, 12, 697

Figure 1. SEM images of nZVI (a), ABS matrix (b), the matrix of the ABS and EC composite (c), and
the matrix of the ABS and EC composite after ethanol impregnation (d).

Figure 2. The encapsulation mechanism of nZVI in the ABS matrix via coacervation induced
by PDMS.
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Figure 3. SEM images of nZVI/(ABS + EC) - (0.6–1.0) (a,b), nZVI/(ABS + EC) - (0.6–1.0) after the
deironization (c), and nZVI/(ABS + EC) - (0.6–1.0) (a,b) after denitrification (d).

3.3. BET Test

All N2 adsorption/desorption isotherms of nZVI/ABS, nZVI/(ABS + EC) without alco-
holic impregnation, and nZVI/(ABS + EC) after alcoholic impregnation displayed a typical
type IV isotherm (IUPAC classification) with an H3 hysteresis loop (Figure 4). These results
indicate the mesoporous and macroporous structures of all samples. This is also supported
by the pore size distribution (Figure 4 inset image), which shows that the nZVI/(ABS + EC)
after alcoholic impregnation was dominated by many small holes with a diameter greater
than 15 nm. In addition, the pore volumes of nZVI/ABS, nZVI/(ABS + EC) without alco-
holic impregnation, and nZVI/(ABS + EC) after alcoholic impregnation were 0.074, 0.071,
and 0.130 cc/g, respectively. The obtained BET results confirm that the holes in the matrix
were formed due to alcoholic impregnation, which agrees with the SEM observations.
Therefore, it can be inferred that the alcoholic impregnation process can be used to achieve
the sustained release of nZVI encapsulated by an ABS and EC composite.

3.4. Effects of EC Dosage

The ABS particles showed almost no removal effect on nitrate, moreover, the deni-
trification rates of all encapsulated nZVI samples were notably lower than that of bare
nZVI (Figure 5a), indicating that the ABS alone had negligible effects on nitrate reduction,
but the encapsulation with ABS enabled sustainable denitrification. The maximum ad-
sorption capacity of nZVI prepared in this study for nitrate was as high as 142.952 mg/g
(mN/mnZVI). However, compared to nZVI/(ABS + EC) samples, nZVI exhibited extremely
fast denitrification rates (Figure 5a), indicating that encapsulation enabled sustainable deni-
trification. The obtained results (Table 2) indicate a first-order dependence of denitrification
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on EC dosage during encapsulation. Moreover, kobs increased as dEC increased, which was
attributed to a higher number of holes in the matrix (Figure 5b). The number of holes was
affected by the EC dosage during encapsulation, which further influenced the denitrifica-
tion rate of the encapsulated nZVI. For denitrification at an initial NO−

3 -N concentration of
50 mg/L, with a dosage of 0.10 g encapsulated nZVI, the functional relationship between
kobs and dEC is given as follows (Equation (2)):

kobs = −0.7463 × dEC
2 + 0.3898 × dEC + 0.0342 (2)

Figure 4. The N2 adsorption/desorption isotherm and BJH (Barrett–Joyner–Halenda) pore size distri-
bution (inset) of nZVI/ABS, nZVI/(ABS + EC) without alcoholic impregnation, and nZVI/(ABS + EC)
after alcoholic impregnation.

Table 2. The kobs of samples prepared with different EC dosages during encapsulation.

Sample dEC kobs/min−1 R2

nZVI/(ABS + EC) - (0.08–1.0) 0.02 0.0423 0.9500
nZVI/(ABS + EC) - (0.2–1.0) 0.05 0.0507 0.9304
nZVI/(ABS + EC) - (0.4–1.0) 0.10 0.0659 0.9385
nZVI/(ABS + EC) - (0.6–1.0) 0.15 0.0763 0.8805
nZVI/(ABS + EC) - (0.8–1.0) 0.20 0.0820 0.8695

This outcome reinforces our hypothesis that the observed denitrification is primarily
attributable to the activity of nZVI. Therefore, it can be concluded that the EC dosage
during encapsulation was an important parameter influencing the denitrification rate when
encapsulated nZVI was used to reduce nitrate. The sustainable denitrification rate can be
quantitatively regulated by the EC dosage during encapsulation.
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Figure 5. The denitrification performance (a) and kobs (b) of nZVI and samples prepared under
different EC dosages during encapsulation.

3.5. Effects of nZVI Dosage

The encapsulated nZVI samples had an obvious sustainable denitrification effect, and
the denitrification rate of encapsulated nZVI was affected by the nZVI dosage (dFe) during
encapsulation (Figure 6a). A linear model closely fit the data (Table 3, R2 ≥ 0.9902 in all
cases), demonstrating that the reaction was first order with respect to the nZVI dosage
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during encapsulation. Also, kobs increased with dFe (Figure 6b), and the calculation of kobs
can be expressed by the following equation (Equation (3)):

kobs = −0.3128 × dFe
2 + 0.5361 × dFe + 0.014 (3)

Figure 6. The denitrification performance (a) and kobs (b) of nZVI and samples prepared under
different nZVI dosages during encapsulation.

Table 3. The kobs of samples prepared under different nZVI dosages during encapsulation.

Sample dFe kobs/min−1 R2

nZVI/(ABS + EC) - (0.6–0.6) 0.15 0.0901 0.9895
nZVI/(ABS + EC) - (0.6–0.8) 0.20 0.1022 0.9939
nZVI/(ABS + EC) - (0.6–1.0) 0.25 0.1323 0.9914
nZVI/(ABS + EC) - (0.6–2.0) 0.50 0.2036 0.9902

The above results indicate that, in addition to the EC dosage during encapsula-
tion, the nZVI dosage significantly influenced the denitrification rate. Thus, adjusting
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the nZVI dosage during encapsulation is a feasible method to regulate the sustainable
denitrification rate.

3.6. Effects of pH

When the initial pH ranged from 3 to 11, nZVI/(ABS + EC) - (0.6–0.8) presented
a fast denitrification rate with some differences (Figure 7), and the effect of pH on the
denitrification rate was highly variable. The fastest denitrification rates were observed at
initial pH values of 3 and 9. The slowest denitrification rate was observed at the early stage
of the reaction at an initial pH of 5, and also during the later reaction stage at an initial
pH of 11. To explain the above phenomena, it is necessary to examine the denitrification
mechanisms of Fe0 proposed by Xu [45].

 

Figure 7. The influence of pH on the denitrification performance of nZVI/(ABS + EC) - (0.6–0.8).

Primarily, the reduction of nitrate occurs due to an electron provided by Fe0 (Equations
(4) and (5)).

Fe0 → Fe2+ + 2e− (4)

NO3
− + 10H+ + 8e− → NH4

+ + 3H2O (5)

When the concentration of H+ in the system was low, the nitrate reduction rate
decreased, accompanied by the generation of Fe3O4 (Equations (6) and (7)).

3Fe0 + 3H2O → Fe3O4 + 8H+ + 8e− (6)

3Fe2+ + 4H2O + 8e− → Fe3O4 + 8H+ + 2e− (7)

The corrosion of the iron surface would supply electrons for nitrate reduction. The
generated Fe3O4 is a good conductor for electron transfer and eventually increased the
nitrate removal rate. However, corrosion and Fe3O4 deposition on the iron surface were
significantly influenced by the system pH. An acidic pH accelerated the iron surface
corrosion and increased the nitrate removal rate at a pH of 3. When the system was under
weakly basic conditions, Fe3O4 was easily generated, and the denitrification rate was also
fast at a pH of 9. However, to explain the nitrate removal performance of the encapsulated
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nZVI between pH values from 5 to 7, the contribution of corrosion and Fe3O4 deposition
to nitrate removal should be quantitatively evaluated. The above results indicate that
encapsulated nZVI could rapidly remove nitrate between pH values from 3 to 11, and
the pH of the reducing system was not significant, but it had a complicated effect on the
denitrification rate.

3.7. Effects of Initial Nitrate Concentration

Previous studies have confirmed that the initial NO−
3 -N concentration is intimately

related to the denitrification rate of nZVI. However, Wang et al. [46] reported that the deni-
trification rate of nZVI decreased with the initial NO−

3 -N concentration, but Yang et al. [10]
reported the opposite. Moreover, encapsulated nZVI showed complicated denitrification
performance at different initial NO−

3 -N concentrations (Figure 8a). In this study, the nitrate
reduction by nZVI/(ABS + EC) - (0.6–0.8) at different initial NO−

3 -N concentrations is de-
scribed by a first-order kinetic model (Table 4). However, the impact of the initial NO−

3 -N
concentration on kobs was not monotonic (Figure 8b), and the reported relevant literatures
has not reached a consensus on this issue [10,47].

 

Figure 8. The denitrification performance (a) and kobs (b) of nZVI/(ABS + EC) - (0.6–0.8) under
different initial NO−

3 -N concentrations.
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Table 4. The kobs (b) of nZVI/(ABS + EC) - (0.6–0.8) under different initial NO−
3 -N concentrations.

No. Initial Nitrate Concentration/(mg/L) kobs R2

1 15 0.1844 0.9296
2 25 0.0807 0.9938
3 50 0.0809 0.9963
4 75 0.0623 0.9759
5 100 0.0509 0.9960

In this study, kobs decreased as the c0 of NO−
3 -N increased from 15 to 25 mg/L, but

it increased when c0 was greater than 100 mg/L. This phenomenon may be explained as
follows. When the NO−

3 -N concentration was low, the concentration of encapsulated nZVI
was relatively high, and adsorption played a dominant role in the removal of NO−

3 -N.
Therefore, kobs decreased as c0 increased at low initial NO−

3 -N concentrations. However,
when the NO−

3 -N concentration was high, the concentration of the encapsulated nZVI
was relatively low, and reduction played a dominant role in the removal of NO−

3 -N,
accompanied by the generation of Fe3O4 and Fe2+ (Figure 9) [45,48,49]. Moreover, Fe2+

and Fe3O4 had prominent promotion effects on nitrate reduction and increasing the initial
NO−

3 -N concentration accelerated the generation of Fe3O4 and Fe2+ [45], which eventually
reduced nitrate. The change in the NO−

3 -N removal rate was complicated when the NO−
3 -

N concentration ranged from 25 to 100 mg/L, possibly due to adsorption and reduction
processes. The obtained results indicate that adsorption and reduction were both involved
during NO−

3 -N removal, and the initial NO−
3 -N concentration influenced the denitrification

rate of encapsulated nZVI by adsorption and reduction.

Figure 9. The XRD spectroscopy of the nZVI/(ABS + EC) - (0.6–0.8) before and after denitrification
reaction under the initial NO−

3 -N concentrations of 100 mg/L.

The complexity of this relationship particularly manifests within the intermediate
concentration range (25 to 100 mg/L), where neither adsorption nor reduction can be solely
credited for the observed denitrification performance. In conclusion, while our study has
preliminarily shed light on the intricate dynamics between the initial NO−

3 -N concentration
and the denitrification rate of encapsulated nZVI, it also underscores the necessity for
further research. To elucidate the observed complexities, a thorough and quantitative
investigation of the denitrification mechanisms, taking into account factors such as pH,
nZVI/(ABS + EC) concentration, and encapsulation effects, is imperative.
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3.8. Effects of Reductant Concentration

The reduction of nitrate using nZVI/(ABS + EC) - (0.6–0.8) was carried out under re-
ductant concentrations of 2 g/L, 4 g/L, 6 g/L, and 8 g/L at an initial NO−

3 -N concentration
of 50 mg/L at 30 ◦C. The denitrification performance of nZVI/(ABS + EC) - (0.6–0.8) was
similar to that of nZVI, as has been previously reported [47] (Figure 10). The denitrification
rate was observed to increase as the reductant concentration increased. However, the test
results show that the denitrification rate rapidly increased when the reductant concen-
tration increased from 2 g/L to 4 g/L, and then the rate increased slowly at reductant
concentrations between 4 g/L and 8 g/L. These results demonstrate that the concentration
of nZVI/(ABS + EC) significantly influenced the denitrification rate.

 
Figure 10. The denitrification performance of nZVI/(ABS + EC) - (0.6–0.8) under different reductant
concentrations.

3.9. The Denitrification Mechanism of nZVI/(ABS + EC)

Previous studies have revealed that the deposition of passive iron oxides generated
on the nZVI surface leads to the conglutination of nZVI particles, which would hinder
the transport of electrons and transfer of mass for denitrification. Therefore, the above
deposition on the nZVI particle surface can aggravate the aggregation and reactivity loss
(Figure 11). For nZVI/(ABS + EC), embedding nZVI particles on a hole wall of the ABS
matrix restricts the movement, thereby preventing the aggregation of nZVI particles. More-
over, the deposition of passive iron oxides generated on the ABS matrix surface, which can
be confirmed in Figure 3d, can alleviate the reactivity loss. In addition, the regulation of the
hole size and numbers can achieve the quantitative control of the sustainable denitrification
performance, which is verified by the above result. Moreover, compared to regulating the
denitrification rate of nZVI through functional group grafting modification of encapsulated
shell materials [24], this study has the advantages of simple process and better controllabil-
ity. That is, the encapsulation of nZVI in the ABS matrix can achieve the immobilization of
nZVI particles and control the contact between the contaminant and nZVI particles, further
accomplishing the anti-aggregation and control of sustainable denitrification performance
of nZVI.
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Figure 11. Denitrification mechanism of nZVI/(ABS + EC).

4. Conclusions

In this study, nZVI was successfully encapsulated in ABS for sustainable denitrification
performance and anti-aggregation. The experiments demonstrated that the modification of
pores within the ABS matrix using EC played a critical role in maintaining continuous nZVI
reactivity. Quantitative analysis revealed a regulated denitrification rate, with apparent rate
constants (kobs) for denitrification performance varying from 0.0423 to 0.2036 min−1 across
different EC and nZVI dosages. Therefore, encapsulation solves the issues of aggregation
and poor reactivity persistence with the use of nZVI as the reactive medium for PRB.

Further, the denitrification rate was also affected by the pH, initial NO−
3 -N concentra-

tion, and nZVI/(ABS + EC) concentration. A particularly interesting observation was the
dependence of the observed rate constant (kobs) on the initial NO−

3 -N concentration, which
was meticulously analyzed through first-order kinetic modeling. The study revealed that at
varying initial NO−

3 -N concentrations, the denitrification mechanism of nZVI/(ABS + EC)
exhibited complex behavior, underscoring the intertwined roles of adsorption and reduc-
tion processes in NO−

3 -N removal. However, the denitrification mechanism of nZVI must
be thoroughly and quantitatively examined to precisely explain the observed complicated
denitrification performance of nZVI/(ABS + EC) under the experimental conditions in
this study. Moreover, for a comprehensive understanding of the economic efficiency of
nZVI/(ABS + EC) for denitrification, future work will explore a detailed cost–benefit analy-
sis, considering factors such as long-term operation, maintenance, and potential scalability
of the nZVI/(ABS + EC) system for widespread environmental remediation applications.
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