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Editorial

Legacy and Emerging Pollutants and Their Effects Through the
Lens of Environmental Management

Christina Emmanouil 1,*, Petros Samaras 2 and Dorothea Kassiteropoulou 3

1 School of Spatial Planning and Development, Aristotle University of Thessaloniki, 541 24 Thessaloniki, Greece
2 Department of Food Science and Technology, International Hellenic University, 570 01 Thessaloniki, Greece;

samaras@ihu.gr
3 Department of Environmental Sciences, University of Thessaly, 382 21 Volos, Greece; dkasiter@uth.gr
* Correspondence: chemmanouil@plandevel.auth.gr

In the quest for worldwide economic development, the principles of sustainable de-
velopment that involve social justice and efficient environmental protection are sometimes
forgotten. One aspect of this problem includes expansive industrialization and urbaniza-
tion that introduce both legacy [1,2] and emerging pollutants [3,4] into our environment;
these pollutants may threaten ecosystems and human health [5]. Addressing this crisis
requires a deep understanding of the nature of these pollutants and the deployment of
innovative removal strategies [6]. The available tools include sustainable practices, such
as the circular economy, that maximize resource efficiency [7] and minimize waste gen-
eration [8]. Nevertheless, these novel circular business models of reuse and recycling
can also aggravate the (bio)accumulation of well-known or emerging pollutants within a
semi-closed ecosystem [9]; hence, this is a double-edged sword. These risks have become a
topic of major concern, as chemical or biological agents are widely and increasingly used in
many activities, resulting in their continued release and recirculation into the environment
through several different routes. The “sinks” of these routes may include air (particulate
matter (PM), volatile organic compounds (VOCs), and industrial emissions) [10–12], water
and sediment (metals, microplastics, persistent organic pollutants (POPs), pharmaceuti-
cals, personal care products) [13–16], and soil (metals, POPs, polyfluoroalkyl substances
(PFAs)) [17–19], among others. Pollutants may exert distinct and profound effects on
ecosystems. In terrestrial systems, they may disrupt soil microbiota and reduce soil fer-
tility [20] and plant growth or they may bioaccumulate within higher animals affecting
reproductive health and longevity. In aquatic ecosystems, they may interfere with the
reproduction and nutrition of many species. A recent study revealed that 80% of marine
protected areas are exposed to potentially harmful levels of pollutants [21], impacting food
webs and biodiversity [22]. In this context, the present Special Issue explores the landscape
of classic (legacy) and emerging pollutants, focusing on novel monitoring methods, as well
as on less well-studied pollution impacts on organisms and ecosystems. Understanding
pollutant behavior across environmental compartments, unraveling their detailed effects
on ecosystems, and mitigating their impacts on life will be critical in safeguarding our
planet’s future.

In this regard, Campani et al. (Contribution 1) studied fungicide mixtures with
multiple active ingredients that may affect bees differently than single active compounds
in vineyard agroecosystems. This toxicological research used a multi-biomarker approach
and revealed disruptions impairing vital bee functions. The limited available data on the
sublethal effects of fungicides on bees are highlighted, requiring more comprehensive
evaluation of these chemicals on pollinator health.

J. Xenobiot. 2025, 15, 89 https://doi.org/10.3390/jox15030089
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In similar terrestrial ecosystems, the exposure of earthworms (Eisenia fetida) to short-
chain perfluoropropylene oxide acids resulted in significant biochemical and behavioral
alterations, even at sub-micromolar concentrations, as shown in the study of Rotondo et al.
(Contribution 2). The substance HFPO-DA seems to cause the most pronounced effects,
representing a significant environmental contaminant. The ecological risks posed by both
legacy and emerging PFAS are crucial, and further research into the long-term impacts on
soil ecosystems is required.

In terms of freshwater ecosystems, the buildup of fecal contaminants, due to direct
discharge of effluents from poultry farms, was verified in Silway River, Philippines, using
advanced microbial quantification protocols (Contribution 3). Simple water parameters
(pH, T and TSS level) can create favorable conditions for chicken fecal coliforms to thrive.
These findings highlight the ecological risks posed by poultry waste and the need for
improved waste management practices.

In terms of marine ecosystems, the exposure of the marine copepod Tigriopus fulvus to
nine rare earth metals (REEs) demonstrated concentration-dependent increases in mortality
and immobilization, with LC50 values ranging from 0.56 to 1.99 mg/L (Contribution 4).
The exposure to REEs resulted in a significant slowing of naupliar development. Among
the nine REEs, lanthanum proved to be the most toxic, with a high impact on the survival
and development of T. fulvus, affecting copepod populations.

Burdened marine ecosystems, such as those in the Mediterranean, are highly worthy
of investigation, as shown in the study of Kasiotis et al. (Contribution 5), who investigated
both organic and inorganic contaminants in fish from the Thermaikos Gulf in Greece.
Low concentrations of pharmaceuticals and pesticides were found in D. labrax and S. solea;
however, trace metals were detected more frequently. The risk assessment indicated
minimal health risks for adults. Nevertheless, the levels of mercury and arsenic could
pose a threat to children. These findings emphasize the need for ongoing monitoring of
seafood safety.

Furthermore, juvenile trout was used as a model organism to study the effects of
graphene-based nanoparticles (Contribution 6). The exposure resulted in changes to
their cardiorespiratory function, swimming behavior, and nesting activity. Graphene
oxide enhanced swimming performance in juveniles by as much as 72% while reducing
nesting by up to 23%. These alterations indicate potential developmental consequences on
both behavior and physiology. Additional studies are required to explore the long-term
ecological implications.

Subsequently, another model organism, Daphnia magna, was chosen to assess the
effects of sublethal exposure to pyriproxyfen over a period of 21 days, in the study of
Salesa et al. (Contribution 7). Notable biochemical changes included an increase in LDH
activity and a reduction in cholesterol levels at a concentration of 14.02 μg/L, among others.
These molecular and physiological changes imply that such biomarkers could act as early
warning signals for pyriproxyfen.

Finally, the review paper of Ziegler (Contribution 8) summarizes the progress in
toxicity testing utilizing duckweeds (Lemnaceae). Recent research has led to the devel-
opment of fast protocols, the use of additional species, improved sensitivity, and higher
throughput. The incorporation of omics technologies—transcriptomics, proteomics, and
metabolomics—paired with FTIR spectroscopy and genotoxicity tests, has broadened the
range of biomarker-based evaluations. These advancements allow for a more comprehen-
sive understanding of toxic mechanisms and aid in the detection of unknown contaminants.

On the other hand, assessing environmental behavior rather than toxicity effects, Zhou
et al. (Contribution 9) examined microparticle concentrations in the sea–surface microlayer
and bulk water of Osaka Bay. Microparticle concentrations were elevated in the surface
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layer, primarily consisting of smaller particles. The predominant polymer identified was
polymethyl methacrylate (PMMA). The findings indicate that antifouling paint from vessels
is a significant source of pollution. These results underscore the influence of maritime
activities on marine contamination.

Funding: This research received no external funding.

Institutional Review Board Statement: Not applicable.
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Abstract: The abundance, distribution, and composition of microparticles (MPs) in the sea-surface
microlayer (S-SML, less than 100 μm of sea surface in this experiment) and in bulk water (1 m under
the sea surface) were investigated to evaluate the pollution level of MPs in Osaka Bay in Japan. Both
seawater fractions were collected at eight sites including ship navigation routes, the coastal area, and
the center of Osaka Bay for 2021–2023. MPs were filtered for four size ranges (10–53, 53–125, 125–500,
and >500 μm) and then digested with H2O2. MPs’ abundance was microscopically assessed; and
polymer types of MPs were identified by a Fourier transform infrared spectrometer (FTIR). For the
22 collections performed along eight sites, the average MPs’ abundance was 903 ± 921 items/kg for
S-SML, while for the 25 collections performed along the same sites, the average MPs’ abundance
was 55.9 ± 40.4 items/kg for bulk water, respectively. MPs in both S-SML and bulk water exhibited
their highest abundance along the navigation routes. The smallest MPs (10–53 μm) accounted for
81.2% and for 62.2% of all MPs in S-SML and in bulk water among all sites, respectively. Polymethyl
methacrylate (PMMA) was the major type of MPs identified while minor ones were polyethylene,
polyesters, polystyrene, polypropylene, polyvinyl chloride, polyamide, etc. PMMA comprised 95.1%
of total MPs in S-SML and 45.6% of total MPs in bulk water. In addition, PMMA accounted for 96.6%
in S-SML and 49.5% in bulk water for the smallest MP category (10–53 μm). It can be assumed that
the MP sources were marine paints—primarily APPs (antifouling paint particles)—as well as land
coatings. Sea pollution due to microparticles from ship vessels should be given proper attention.

Keywords: microparticles (MPs); seawater surface microlayer; PMMA; antifouling paint particles
(APPs); Osaka Bay

1. Introduction

The presence of microplastics (plastic particles less than 5 mm) is a ubiquitous problem
in terrestrial and aquatic ecosystems. Once introduced into an aquatic environment by
wind transport, stormwater runoff, drainage, and sewage system, plastic debris can be
transported offshore and enter oceanic gyres by surface currents and winds, which leads to
80% of terrigenous plastic waste accumulating in a marine environment [1,2]. For instance,
at least 79 thousand tons of ocean plastics are floating inside an area of 1.6 million km2 at
the Great Pacific Garbage Patch (GPGP), where microplastics account for 8% of the total
mass [3]. Besides the residual of primary microplastics with microscopic sizes such as
resin pellets and microbeads used in cosmetics and air-blasting media [4,5], secondary
microplastics are continuously generated from the breakdown of larger plastic debris
due to UV irradiation, mechanical forces and biodegradation by bacteria, fungi, and
microalgae, and they also end up in marine ecosystems [6,7]. Compared to macroplastics,
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microplastics can exudate more toxic additives due to their large specific surface and
their full exposure to seawater, and they can transmit hazardous chemicals to biota [8].
Additionally, microplastics are prone to adsorb persistent organic pollutants (POPs) such
as PCBs and PBDEs from surrounding water medium [9]. Once these microplastics are
ingested by all kinds of aquatic fauna including invertebrates, planktonic organisms,
seabirds, crustaceans, fish, aquatic animal and marine mammals, they may bioaccumulate
and biomagnify via the food web [10,11]. Microplastics have been discovered in a diversity
of seafood items and even in human feces and blood clots [12,13]; as such, it can be
assumed that humans are exposed to microplastics through their diet. This exposure
may compromise fecundity and other somatic processes and potentially threaten human
health [14].

It is assumed that 20% of marine-based plastic debris mainly stems from fishing gears,
aquaculture, marine structures, and vessels [15]. Furthermore, antifouling paint particles
(APPs) and other marine paint debris [15], can flake off from hulls during processes of
shipbuilding, boat cleaning, and vessel navigation and then enter the local aquatic environ-
ment. This source has been incidentally or deliberately excluded from the characterization
of microplastics due to the omission of paint in marine litter guidelines [16]. Nevertheless,
some investigations have reported evidence of the occurrence of paint particles in seawater;
paint microparticles in surface seawater accounted for 33% of all microplastics in the South
China Sea [17] and 15.21% of all microplastics in the Jiangsu coastal area in China [18],
respectively. In the sea-surface microlayer of the southern coast of Korea, floating alkyd
resins (171 items/L) were predominant (81% of all microsized polymer particles) [11]. These
alkyd resins may have originated from antifouling paint coatings of fishing boats; however,
there was no additional evidence to prove this hypothesis. Furthermore, PMMA resins
prevailed in the northwestern region of the German Bight with a concentration of 1032 ppt
and accounted for 83% total polymer types. Given that the highest amount of PMMA was
found within a major shipping lane, these PMMA resins were considered to originate from
binders used in antifouling paint on ships [19]. Moreover, some microplastics discovered
in European shelf seas in the North Atlantic Ocean were found to be Cu-based antifouling
formulations, and other metals such as Pb and Fe therein were also related to antifouling
paints from navigating ships [20]. In light of the higher chemical toxicity of paint particles
than similarly sized microplastics of metallic additives [16], the investigation of APPs and
marine paint particles is urgently needed, and it is the focus of the present study. Given
these characteristics, herein, microplastics and paint microparticles including APPs are
called microparticles (MPs).

The sea-surface microlayer (S-SML) is the interface between the atmosphere and sub-
layer water. MPs in the S-SML can be transferred into the upper marine air through
bubbles [21] or sink into the deeper water column or into sediments due to biofouling [22].
Meanwhile, due to the water surface tension and the sticky microgel produced by microbial
activity [23], MPs are prone to accumulate in the S-SML. However, due to the relatively
high requirements in time, cost, and equipment for collecting samples from the S-SML,
compared with the collection of water column and sediments, investigations on MPs in
the S-SML are few in Japan and worldwide. For all these reasons, this study focused on
MPs in the S-SML that may yield extensive and severe MP pollution. It was noted in rele-
vant investigations where manta trawl nets (330 μm mesh) or neuston trawl nets (300 μm
mesh) were used for sampling that large-size MPs (>300 μm) were always detected because
smaller MPs less than 330 μm could not be captured. For instance, MPs in surface seawater
in the South China Sea were found to be around 0.045 ± 0.093 items/m3 when a bongo
net (333 um mesh) was used; however, this was changed to 2569 ± 1770 items/m3 when a
pump was used [24]. In the latter case, smaller-size fractions (<0.3 mm) contributed 92% of
the total MPs load [24]. Even though tiny MPs (<50 μm) are significantly abundant [25] and
pose a higher risk of being incorporated into organisms’ tissues [26] than larger MPs, few
studies identify and evaluate them [27]. Thus, these tiny MPs have been ignored in many
studies due to high-tech instrument requirements and time-consuming determination [28],
which can lead to a serious underestimation of MP loads in the environment and their
corresponding risks [29]. As such, MPs of 10–53 μm size were especially collected and
analyzed in this study.
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Based on the above theories, we herein make the hypothesis that more MPs may
accumulate in the S-SML and along navigation routes, and most of these MPs may be
related to antifouling and marine paint. For evaluating the MP pollution status of Osaka
Bay in Japan, the present study sought to (1) assess the occurrence and distribution of
MP loads at different depths of the water column (S-SML and bulk water), (2) estimate
the disparity of MP loads among different sampling zones such as navigation routes, the
coastal area, and the bay center, and (3) investigate the abundance, spatial distribution,
polymer types, size distribution, and sources of these MPs. This study can be of significance
in providing data on MPs’ fate and distribution at a regional or global scale, and it can also
provide some theoretical guidance for controlling MP pollution.

2. Materials and Methods

2.1. Sampling Sites
Osaka Bay, located in western Japan, is connected to the enclosed sea area of Hari-

manada through the Akashi Strait in the northwest. Eastward water transport always
prevails in the Seto Inland Sea due to westerly winds, and significant tidal currents with a
complex dynamic mechanism are formed in the Akashi Strait, which leads to the contam-
ination of Osaka Bay by the transport of pollutants through this strait [30]. Meanwhile,
cyclonic circulation at Osaka Bay both in summer and in winter can also provide impetus
to water conveyance from the Kii Strait in the southeast and finally, to the Pacific [31]. Cou-
pled with domestic and industrial activities from international trade ports, large industrial
centers, and coastal industrial cities in Hanshin Industrial Zone around Osaka Bay, this
situation has led to the formation of terrestrial and marine plastic debris arising from the
whole of Western Japan, which is then exported towards the Pacific.

It should be noted that the water circulation is quite significant in Osaka Bay with a tidal
range about 1 m every day; as such, the MPs’ abundance in the estuary is directly related
to the tidal fluctuation [32]; for this reason, the estuary was excluded from the sampling
sites as much as possible in this research, just apart from site 2 that locate at estuary of
Yodogawa. Considering that the purpose of this study was to investigate the discrepancy
in MPs’ abundance among different marine zones, in total, the sampling sites included 3
sampling zones (Figure 1 and Table S1); S1, S2, and S3 are located in the coastal area, S4,
S5, S6, and S7 are located along shipping navigation routes, and S8 is the center of Osaka
Bay. This design allowed for the testing of our hypothesis that MPs’ abundance along the
navigation routes is significantly higher than that in the coastal area and the bay center.

2.2. Field Surveys
All water samples were collected from September to June from 2021 to 2023

(Tables S1 and S2). In order to more accurately reflect the average MPs’ abundance at
each sampling site, sampling was usually repeated 2–4 times. The repeated samplings were
conducted on different dates, and it is impossible to ensure that the currents, tides, and
meteorological conditions on these different dates were under the same level. In this sense,
repeated samplings at the same site can yield results under different sea and meteorological
conditions, which can reflect the average MPs’ abundance with the local characteristics of
Osaka Bay.

The S-SML was sampled by an electric rotating drum sampler (RDS) with an acrylic
cylindrical drum (diameter 0.25 m, width 0.45 m, surface area 0.353 m2). A total surface
area of 212 m2 of seawater was collected at 20 rotation per min for 30 min. Meanwhile, bulk
water below 1 m of sea surface was sampled through a pump (SK-62510, Koshin, Kyoto,
Japan) as a contrast substrate. Approximately 10 L of seawater samples (S-SML and bulk
water) was collected for each site.

7



J. Xenobiot. 2023, 13

Figure 1. Sampling sites and spatial distribution of average MPs’ abundance.

Both S-SML and bulk water samples were filtered through a stainless-steel sieve cascade
(ϕ10 cm) (JIS Z 8801, Tokyo Screen, Tokyo, Japan). For the first filtration, the sieve was
equipped with a 500 μm mesh-size filter, the subsequent filtration was performed with
a 125 μm mesh-size filter, and the final filtration with a 53 μm mesh-size filter; then, the
water was returned to a 10 L tank. The retained MPs on these sieves with separate size
ranges of >500, 125–500, and 53–125 μm, respectively, were rinsed into bottles with the
aid of ultrapure water. As a result of the sieving process, the remaining MPs in the tank
water samples were less than 53 μm. Bottles and tanks were sealed and stored on the
experimental ship, then carried back to the laboratory.

2.3. Laboratory Pretreatment
MPs in bottles (with size ranges of 53–125, 125–500, and >500 μm) were filtered through

a PTFE filter (POPMF-1000, 10 μm, Wintec, Kobe, Japan) with a diameter of 47 mm, and
MPs in tanks (with size of <53 μm) were filtered through a PTFE filter (POPMF-1000, 10 μm,
Wintec, Kobe, Japan) with a diameter of 142 mm. The filters with retained MPs were kept
in Petri dishes and dried at 60 ◦C for 12 h; then, they were soaked in 30% H2O2 solution
for 1 week, to digest organic matter. For removing skins and shells of algae and microbe
coverings on samples, MPs with size ranges of 10–53, 53–125, 125–500, and >500 μm on
the filters were washed down and filtered through a nylon filter with a mesh size of 10 μm
(#500/520, Tantore, Aichi, Japan), 48 μm (No. 305T, AS ONE, Osaka, Japan), 108 μm
(No. 150T, AS ONE), or 500 μm (NB-34, AS ONE), respectively. Especially for MPs of size
10–53 μm, this vacuum filtering process lasted for more than 40 min to fully air-dry and
fix algae shells on the nylon filter, so that MPs could be completely separated from them.
The MPs retained on these nylon filters were rinsed apart from the fettered algae shells and
filtered through a PTFE filter (H100A013A, ADVANREC, Osaka, Japan, 1 μm, 13 mmϕ).
Since MPs with a size of 10–53 μm could clog filter pores when in abundance, they were
washed with 100 mL of ultra-pure water and filtered five times with five separate filters,
rather than just filtered once. Finally, all filters were dried at 60 ◦C for 12 h and used for
microscopic observations. All filtering processes operated in a vacuum filtration system.
MPs were rinsed by ultrapure water, and filters were dried in a dryer (D-450 FA, AS ONE,
Osaka, Japan). The relevant process of water sampling and laboratory treatment is shown
in Figure S1.
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2.4. Detection and Identification of MPs
MPs on filters were observed and counted by an infrared microscope (AIM-9000, SHI-

MAZU, Kyoto, Japan) and their polymer types were analyzed and identified by a Fourier
transform infrared spectrometer (FTIR: IRTracer-100, SHIMADZU, Kyoto, Japan). For
MPs with a size >500, 125–500, and 53–125 μm, a 1/4 square of the filter was chosen, the
plasticlike particles retained there were detected, and MPs’ abundances and corresponding
polymer types were measured and recorded. For MPs with a size of 10–53 μm, due to
their high concentrations and their laborious counting, the particles were counted in three
squares of the filter paper only, each of which was randomly assigned from a center, middle,
and outer zone of every PTFE filter [33]. One square was 1.6 × 1.8 mm2, and three squares
were approximately 1/9 of the total filtered area (Figure S2). MPs with a size of 10–53 μm
on all five filters were counted repetitively in that way. The polymer type of each MP could
be identified by measuring its transmittance and matching its IR spectrum to the one in the
FTIR polymer spectrum library with a matching degree higher than 70%. All the polymer
types found in this study were acrylic resins, mainly represented by polymethyl methacry-
late (PMMA), polypropylene (PP), polyethylene (PE), polyester (PET), polystyrene (PS),
nylon (PA), polyvinyl chloride (PVC), and others.

To exclude contamination from environmental MPs such as nylon filters, PS bottles,
and PE tanks, ultrapure water was used as the blank water sample to repeat the above
processes of treatment and filtration. No MPs were detected in the blank samples; as such,
the contamination from the equipment was negligible.

2.5. Data Analysis
QGIS 3.38.0 (QGIS.ORG, https://qgis.org/ja/site/, accessed on 3 November 2023) was

used for mapping sampling sites in the Osaka Bay shown in Figure 1. The differences in
MPs’ abundances in the S-SML and the corresponding bulk water below were assessed
through the Mann–Whitney U test. In addition, the differences in MPs’ abundance (contain-
ing all polymers or PMMA) in the S-SML or in bulk water among different sampling zones
were analyzed by a one-way ANOVA followed by Tamhane’s T2 post hoc test. A simple
linear regression was carried out to test the linear relationship between MPs’ abundance
and size. A Pearson correlation analysis was conducted to measure the correlation between
MPs’ abundance and other factors including polymer types, size ranges of MPs and depth,
pH, salinity, temperature, and TOC and DOC of water sampling. MP sources were summa-
rized by the method of principle component analysis (PCA). The correspondence analysis
was conducted to reveal the relationship among abundances of MPs with every polymer
type, depth, sampling zone, and size range. All the data analyses were performed with
SPSS 19.0 (IBM, New York, NY, USA) and Origin 2021 (OriginLab, Northampton, MA,
USA). The curves of polymer spectra were visualized by EZ OMNIC. All the figures were
drawn in Excel and Origin 2021.

2.6. Error and Accuracy
All experimental steps were strictly conducted according to previous relevant standards

to ensure a high accuracy of results, but inevitable errors still existed. For site 5, the
GPS coordinates were 34◦35.639′ N 135◦14.259′ E on 15 September 2021 and 34◦35.602′ N
135◦14.030′ E on 5 September 2022, respectively. The distance between the two GPS
coordinates was about 358 m. Because the berths of experimental ship could not be
exactly ensured at the same coordinate of latitude and longitude every sampling time,
slight differences of actual geographical location for one site at every sampling time are
always inevitable. MPs’ abundance at one site among different sampling times may be
affected by tidal range and current. In addition, as all MPs on filter could not be counted
simultaneously, there must have been some errors in estimating the total MPs’ abundance.
Moreover, some MPs that had undergone long-term weathering always showed a low peak
of FTIR spectra, which made their matching degree less than 70%. These particles always
resulted in a “no-polymers” matching and were excluded from the identification of MPs;
this may have led to an underestimation of the real MPs abundance.
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3. Results and Discussion

3.1. Spatial Distribution of MPs
As shown in Figure 1, MPs in the S-SML and bulk water in Osaka Bay exhibited higher

concentrations along navigation routes (S4, S5, S6 and S7) than that in the coastal area (S1,
S2 and S3) and at the center of the bay (S8). Especially in the S-SML, MPs’ abundance along
navigation routes was significantly higher than that in the coastal area (one-way ANOVA
Tamhane’s T2 post hoc test, p < 0.05) and in the center (one-way ANOVA Tamhane’s T2
post hoc test, p < 0.05).

The average abundance of MPs in the coastal area was 402 ± 179 items/kg (ranging
from 104 to 575 items/kg) in the S-SML, about 10 times higher than the 43 ± 16.4 items/kg
(ranging from 21.8 to 66.6 items/kg) in bulk water. In addition, the average abundance of
MPs at S1, S2, and S3 was 457 ± 7.78, 373 ± 243, and 390 ± 255 items/kg in the S-SML and
48.7 ± 4.67, 43.2 ± 16.4, and 38.5 ± 24.5 items/kg in bulk water, respectively. The small
difference in MPs’ abundance both in the S-SML and in bulk water between S1, S2, and S3
indicated a similar MP pollution distribution in the coastal area.

The average abundance of MPs along navigation routes was 1360 ± 1050 items/kg in
S-SML, about 20 times higher than of the 68.3 ± 49.3 items/kg in bulk water. The maximum
abundance among all sampling sites was found at S6, with 2310 ± 1390 items/kg in the
S-SML and 108 ± 73.3 items/kg in bulk water. Other sites along navigation routes had
similar MP loads. The average abundance of MPs at S4, S5, and S7 was 1070 ± 1120,
1020 ± 662, and 1040 ± 773 items/kg in the S-SML and 56.6 ± 16.2, 71.2 ± 44.8, and
43.9 ± 47.1 items/kg in bulk water, respectively. Most previous studies have shown that
MPs’ abundance in the coastal area is always higher than that in water areas far from
shore [17,34–36]; however, in this study, although navigation routes were far from shore,
MPs’ abundance therein was significantly larger than that in the coastal area. We believe
that MPs newly generated along navigation routes had replaced the ones lost due to long-
distance transportation from nearshore to further sea areas; this caused an MP abundance
at navigation routes both in the S-SML and bulk water that was about 2–4 times larger than
in the coastal area. This result suggests that the number of marine-based MPs generated
during navigation far exceed the number originating from land-based MPs, which is quite
different from the widely cited 80% terrestrial-to-20% marine-based MP debris ratio for
MPs. Similar results to ours were found in a study in the German Bight [19], which also
corroborates that these MPs may result from the generation of particles from antifouling
and marine paints during the navigating process.

As shown in Figure 1, the average abundance of MPs at the center of the bay (S8)
was 261 ± 240 items/kg in S-SML, about nine times higher than the 33.1 ± 17 items/kg
(ranging from 23.4 to 50.9 items/kg) in bulk water. These numbers were the lowest
among all sampling sites, and they also reflected the decrease and loss of MPs from
nearshore to offshore.

Figure 1 shows the average abundance of MPs among all different sampling times for
every sampling site. However, notably, as shown in Figure S3, the fluctuation in MPs’
abundance among different samplings was extraordinarily large in the S-SML both at S4
(ranging from 342 to 1070 items/kg with a CV of 105%) and S8 (ranging from 62.7 items/kg
to 528 items/kg with a CV of 92%). This result may be due to the exchange of seawater
through the Akashi Strait in the western side of Osaka Bay. Freshwater inflow from all
rivers on lands to the Seto Inland Sea has been reported to be approximately 14 km3/year
(38 × 106 m3/day) [37], 91% of which corresponding to seawater flows through the Akashi
Strait from Harimanada [38]. As such, original MPs accumulated at S4 and S8 might be
diluted by freshwater flows and then transported to the eastern part of Osaka Bay, which
led to the relatively lower MPs’ abundances. In total, among all sampling sites, MPs’
abundance in the S-SML always showed larger CV values and presented more intense
fluctuation than that in bulk water. At the bay center, where all seawater circulation can
flow through, the CV value was 110% in the S-SML and 36% in bulk water, respectively.
Thus, we can formulate a hypothesis that in the highly mobile and easily diffused S-SML,
MPs’ abundance constantly changes, and a large fluctuation is noted in the process of
long-distance transportation and migration.
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3.2. Size Distribution of MPs
MPs were classified in four size categories: 10–53, 53–125, 125–500, and >500 μm, which

accounted for 81.2%, 11.1%, 4.45%, and 3.25% in the S-SML, and for 62.2%, 19.8%, 12%,
and 6% in bulk water evenly among all sampling sites, respectively. When distinguishing
between substrates, as shown in Figure 2, the tiny MPs (10–53 μm) accounted for 72.1%,
84.6%, and 88.5% of all MPs in the coastal area, along the navigation routes, and at the
bay center, respectively, in the S-SML. In contrast, the tiny MPs accounted only for 47.4%,
74.4%, and 59.5% for these three zones, respectively, in bulk water. A higher proportion
of tiny MPs (10–53 μm) in the S-SML may result from the accelerated fragmentation of
larger MPs, because weathering forces including wind, biofouling, and UV irradiation
are always stronger and more frequent in the S-SML than in deep water [33]. Thus,
larger MPs in the S-SML always undergo a more intensive weathering and break into
tiny MPs more rapidly. In addition, MPs less than 100 μm in the water column are easily
captured by hydrophobic substances such as grease and microbubbles, which then move
upwards [39,40], and this may also lead to an increase in tiny MPs’ abundance in the S-SML.
It is noteworthy that these exceptionally well floating tiny MPs (10–53 μm) in the S-SML
tend to sink once fouled by algae and invertebrates [2], thus they are transported to the
subwater and diffuse the pollution. Hence, further studies should focus on mechanisms
of vertical transport of MPs that can be affected by both intrinsic MP buoyancy [41] and
hydrodynamic characteristics, including stratification, plume front, and turbulence as
well [42]. It should be mentioned that the vertical mixing of plastic particles is probably
controlled by wind-induced turbulence, and this leads to a preferential removal of heavier
and smaller plastic particles from the sea surface, so traditional surface measurements may
have severely underestimated the total plastic content [43]. However, it has been verified
that MPs with a size of 10, 100, and 1000 μm maintain their maximum concentration in the
top layer of <1 m [44]. Therefore, in this study, MPs in bulk water under 1 m from the sea
surface may reflect the relatively real MPs’ abundance. In addition, even if the S-SML is
disrupted by wind turbulence, it can still be rapidly reformed without depletion of organic
matter within 1 min [23]. Therefore, the influence of turbulence on MPs’ abundance in the
S-SML can also be excluded in this study.

As shown in Figure 2b, both in the S-SML and bulk water, as MP sizes increased, their
relative abundances decreased (simple linear regression, r2 = 0.646, p < 0.01 in the S-SML
and r2 = 0.604, p < 0.01 in bulk water, respectively), which was mostly consistent with
previous research results [11]. MPs with a size >500 μm were significantly fewer than MPs
of other sizes (one-way ANOVA Tamhane’s T2 post hoc test, p < 0.05). MPs with a size of
10–53 μm were the most abundant compared to MPs of other size ranges (one-way ANOVA
Tamhane’s T2 post hoc test, p < 0.01) both in the S-SML and in bulk water. MPs originating
from coastal areas always showed high loads in size ranges larger than 53 μm; this may be
because these large MPs were newly generated and were not yet weathered and broken
into smaller fractions. Among the tiny MPs with a size of 10–53 μm, higher MP loads were
mainly along navigation routes rather than in the coastal area and at the bay center. These
tiny MPs with larger specific surface areas have increasing sorption capacities, and they
can adsorb more pollutants, including persistent organic pollutants (POPs) and endocrine
disrupting chemicals, once ingested by organisms, or transported by circulation over long
distances. As such, the threats to marine ecosystems of these tiny MPs are multiplied.
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(a) 

(b) 
Figure 2. Average abundances of MPs with different size ranges at different sampling zones (a) and
percentage of MPs with different size ranges at all sampling sites in total (b).

3.3. Polymer Composition of MPs
Approximately 11 kinds of polymer types of MPs were detected in Osaka Bay, i.e.,

acrylic resins mainly represented by polymethyl methacrylate (PMMA), polypropylene
(PP), polyethylene (PE), polyester (PET), polystyrene (PS), nylon (PA), polyvinyl chloride
(PVC), polyurethane (PU), polycarbonate (PC), ethylene-vinyl acetate copolymer (EVA),
and epoxy. The corresponding spectra and pictures observed by FTIR are shown in
Figures S4 and S5. Since the abundances of PU, PC EVA, and epoxy were relatively small,
these four kinds of polymer types were grouped and defined as “others” in this study.
Polymethyl methacrylate (PMMA), the most important type of acrylic polymer, is also
called acrylic resin [45]. Besides PMMA, other kinds of acrylic polymers were also detected
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with relatively less abundance through FTIR, and they were also classified as acrylic
resin (PMMA).

As shown in Figure S6, PMMA accounted for the highest proportions of MPs in both
the S-SML and bulk water, with 95.1% and 45.6%, respectively, followed by PE, PP, PS, PA,
PET, others, and PVC, which accounted for 1.22%, 1.13%, 0.851%, 0.632%, 0.591%, 0.372%,
and 0.104% in the S-SML, and 16%, 12.8%, 6.99%, 6.56%, 5.88%, 4.27%, and 1.9% in bulk
water, respectively. In addition, PMMA accounted for 96.8% in the S-SML and 49.8% in
bulk water among all MPs with a size of 10–53 μm.

As shown in Figure 3, in the S-SML, PMMA dominated all polymer types and accounted
for 96.5% (1310 items/kg), 89.9% (362 items/kg), and 88.5% (230 items/kg) along navigation
routes, in coastal areas, and at the bay center, respectively. In bulk water, although the
percentage of PMMA declined, it was still larger than that of other polymer types and
accounted for 49.2% (33.6 items/kg), 36.8% (15.8 items/kg), and 33.7% (11.2 items/kg) at
the above sampling zones, respectively. Although the relative density of PMMA is larger
than that of the seawater, it still accumulated in the S-SML in large quantities, which can be
attributed to the capture capability of the S-SML’s tension.

(a) 

(b) 

Figure 3. Average abundances of MPs at different sampling zones with different polymer types (a)
and percentage of MPs with and without PMMA in total (b).

13



J. Xenobiot. 2023, 13

These abnormally high abundances of PMMA were different from the results in other
relevant studies which revealed that PP and PE were dominant polymer types in aquatic
environments [46]. According to the conclusion of a similar study at the German Bight,
PMMA predominated in local major shipping lanes and navigation routes [19]. This study
also suggested the antifouling and marine paints on ship hulls were plausible sources for
this pollution.

3.4. PMMA from Marine and Antifouling Paints
Acrylic polymers such as PMMA stand out among organic coatings because of their

nonwettability, chemical inertness, environmental stability, and photostability [47]. An-
tifouling paint applied on the surface of the hull bottom can prevent the adhesion of fouling
organisms and improve speed and reduce fuel consumption for ships. Highly toxic biocides
have been incorporated in binders and then are released into water gradually to accomplish
antifouling. The use of acrylic resins as binders in antifouling paints can be traced back
to 1955 for insoluble matrix or contact paints and to 1974–1985 for self-polishing paints
containing tin (TBT-SPC) [48]. Meanwhile, according to the formulas of antifouling paints
in Japan, acrylic resins including PMMA were also used as binders [49]. For insoluble
matrix or contact antifouling paints, their binders are insoluble in seawater, and pores can
be left empty after biocides diffuse out of paint layers, then seawater can spread through
these pores and dissolve biocides in deeper binders [48], which may accelerate the abra-
sion of the honeycomb structure of residual binders with seawater, finally leading to the
exfoliation of these acrylic resin fragments without further hydrolysis in a relatively static
water column. In addition, for self-polishing antifouling paints that are mainly composed
of (meth)acrylic polymer binders [50], as pigments and biocides dissolve faster than the
binder hydrolysis, a leached layer is formed at 10–30 μm behind the binder front [51].
Biocides can then be released through a leached layer continuously accompanied by the
binder hydrolysis, through which the self-renewing of antifouling paint surface can be
achieved [52]. Although (meth)acrylic binders can be soluble in water by hydrolysis of
the silyl ester bond [50], for most self-polishing antifouling paints, their antifouling ability
mainly depends on the shear of seawater flow and is therefore poor in static seawater [53].
Hence, once the hydrolysis of acrylic binders is prevented by biofilm-covered surfaces,
APPs from shipyards by wind and rain runoff may persist in marine environments with a
low water flow. In particular, during the navigating process, as hydrolysis occurs, more
hydrophilic ester bonds (-COO-) are exposed on the paint surface, which makes the resin
on the paint surface brittle and easy to peel off [54]. The friction and collision between
the hull and seawater may exacerbate the exfoliation of these resins. Once detached from
the hull bottom, these resin fragments can remain in a relatively static water environment
without further hydrolysis for a long time, then break into APPs due to UV weathering
and biodegradation. By contrast, ships locating in coastal areas are always in a static
water environment, and the antifouling paints cannot be hydrolyzed due to the shear of
seawater flow; thus, the resins on the surface of paints may not delaminate from the hull
bottom. This leads to a lower APPs’ abundance in the coastal area compared to navigation
routes. Actually, APPs detected in the coastal area mainly come from ship building and
boat cleaning at shipyards.

Besides antifouling paints, PMMA is also widely used in marine paints that are applied
on the outboard and superstructure of hulls to maintain beauty and gloss. It is noteworthy
that acrylic paints are prone to dehiscing and cracking at low temperatures [55], and it has
been verified that some acrylic paints become brittle at 5 ◦C with 50% relative humidity (RH)
and even at 13 ◦C with a lower RH [56]. Therefore, these PMMA marine paints on upper
hulls are also prone to becoming brittle and then falling off from the ship structure when
navigating, especially in winter, which can result in abundant white PMMA fragments and
fiber residues (shown in Figure S4) in the S-SML.
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Although MPs in this study were mainly in the shape of fragments, large quantities of
PMMA fibers were found in the S-SML at S2, S3, S6, and S7, and their abundances were
far larger than that of PMMA fragments. Significantly, most of these PMMA fibers were
in the size range of 53–125 μm; therefore, they may have originated from UV weathering
and wave fragmentation of MPs with a size of 125–500 μm and >500 μm. If not quickly
exchanged with open ocean waters, these PMMA fibers might continuously be broken
down and become smaller and more abundant, especially in the local semienclosed waters
at S3 and S7. Thus, PMMA fibers may be deemed to be a special shape of disintegrating
vectors through which PMMA fragments decompose from larger sizes to smaller sizes.

To further verify whether PMMA and other acrylic polymers in this study derive from
antifouling and marine paints, two kinds of paints (as shown in Table S3) with acrylic
polymers as binders were chosen to match with MP samples found in Osaka Bay. Paint 1
was used for the outboard and superstructure of hulls to maintain beauty and gloss. As
shown in Figure 4, the FTIR spectra of sample 1, which belonged to a PMMA fragment in
the S-SML, matched with that of paint 1. For sample 1, a peak at 2942 cm−1 showed the
stretching vibrations of C-H of methylene, a peak at 1731 cm−1 attributed to the bending of
saturated C=O-, and the asymmetric stretching vibration of ether C-O-C showed between
1300 and 1000 cm−1 and had a peak at 1281 cm−1, according to which the polymer type of
sample 1 was identified as PMMA. As the FTIR spectra of sample 1 were clearly presented
in all PMMA samples and consistent with that of paint 1, these PMMA samples were
assumed to originate from marine paints on the upper structures of ships.

Figure 4. FTIR spectra of polymer types from MPs in Osaka Bay and selected marine and anti-
fouling paints.

Meanwhile, since antifouling paint is one potential source of APPs, the match between
MP sample and selected paint 2, one kind of antifouling paint, was conducted to verify this
hypothesis. As shown in Figure 4, sample 2, which was one MP fragment in the S-SML,
was determined as an acrylic polymer but not as PMMA, and its FTIR spectra showed a
significant peak at 2939 cm−1 as C-H stretching vibrations, 1714 cm−1 as C=O stretching
vibrations and 1100, 1204, and 1293 cm−1 as C-O-C stretching vibrations, respectively.
The FTIR spectra of both sample 2 and paint 2 were consistent, thus pervasive acrylic
MPs represented by sample 2 may derive from antifouling paints. Most notably, the main
polymer component in acrylic paints is not just confined to PMMA monomer; other acrylic
derivative polymers containing acrylate and methacrylate are also widely used in acrylic
paints as binders. The spectra peaks of two MP samples in the S-SML were both smaller
than those of nonexposed paint samples, which can reflect a higher weathering degree of
MP samples that had been floating in seawater for months and years. Therefore, this study
is the first to provide empirical evidence of the link between acrylic resins and marine and
antifouling paints.
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To exclude the possibility that abundant PMMA was generated from the experimental
ship, antifouling paints were obtained from the bottom hull of the experimental ship and
analyzed by FTIR with a spectral result of polyamide 6:poly(ethylene-co-propylene) 4:1,
i.e., a blend of PA 6 and PP-PE with a ratio of 4:1, as shown in Figure S7. Approximate
transmittance values at peaks of spectral reflected a similar weathering degree for both
MP samples in bulk water and antifouling paints on the experimental ship. As such,
some MPs of the polymer type PA 6:PE-PP 4:1 with small abundances could only come
from antifouling paint on the experimental ship. Given that PA has been used in the
manufacturing of antifouling paint to modify surfaces for reducing bacterial adhesion [57],
different from traditional PA fibers from the laundry of textiles and clothes, PA fragments
found in this study may also come from marine coatings.

3.5. Difference between PMMA and No-PMMA MPs
As shown in Figure 5 in S-SML, the average abundance of PMMA was 1310 items/kg

along navigation routes, 362 items/kg in the coastal area, and 230 items/kg at the bay
center, respectively, while 33.6 items/kg, 15.8 items/kg, and 11.2 items/kg were found in
corresponding zones, respectively, in bulk water. PMMA MPs with a size of 10–53 mm
contributed the most in both S-SML (85.4% along navigation routes, 75% in the coastal area,
and 93% at the bay center) and in bulk water (80.1% along the navigation routes, 47.2% in
the coastal area, and 77.3% at the bay center). Especially in the S-SML, the abundance of
PMMA MPs with a size of 10–53 μm along the navigation routes was significantly higher
than that in the coastal area (one-way ANOVA Tamhane’s T2 post-hoc test, p < 0.05) and at
the bay center (one-way ANOVA Tamhane’s T2 post hoc test, p < 0.05). Also, the PMMA
abundances of all size ranges were higher along the navigation routes than in the coastal
area (one-way ANOVA Tamhane’s T2 post hoc test, p < 0.05) and at the bay center (one-way
ANOVA Tamhane’s T2 post hoc test, p < 0.05). However, no significant differences in
PMMA abundance were found in bulk water for all sampling zones. The abnormally
high PMMA abundance along the navigation routes clearly shows that shipping activities
brought about massive acrylic marine and antifouling paint particles and produced large
amounts of PMMA MPs with a size of 10–53 μm in the S-SML that may persist along the
shipping lanes for months and years.

Figure 5. Average abundances of PMMA MPs with different size ranges at different sampling zones.
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Although the PMMA abundance in the S-SML was significantly larger than that in bulk
water, as shown in Figure 6, MPs that did not belong in the PMMA category (non-PMMA)
exhibited a similar abundance level of less than 16 items/kg in both S-SML and bulk water.
It could also be verified by the correlation analysis in Figure S8, that PMMA abundance
was negatively correlated with water depth, while this was not the case for other polymers.
As shown in Figure 5, PMMA abundance was the determining factor for the significant
differences between S-SML and bulk water for the total MPs’ abundance. It was also a
significant factor for the obvious differences in MPs’ abundances between the navigation
routes, the coastal area, and the bay center. Compared with PMMA, non-PMMA polymers
slightly contributed to all polymer types’ loads both in S-SML and in bulk water. To some
extent, the PMMA abundance can even reflect the whole MP loads in the S-SML. As shown
in Figure S9, the result of the correspondence analysis showed that PMMA MPs with a size
of 10–53 μm along the navigation routes in the S-SML dominated the whole MP loads in
Osaka Bay.

Figure 6. Average abundances of non-PMMA MPs with different size ranges in different sam-
pling zones.

Among non-PMMA polymers, PP and PE presented higher abundances than other
polymers both in S-SML and in bulk water. In addition, PET, PS, and PA were also more
abundant than PVC in general. As shown in Figure S8, for PMMA, PE, PET, PP, PS, and
PVC, their abundances increased as their size became smaller.

3.6. Sources of Polymer Types of MPs
For assessing the contribution of polymer types of MPs on polymer abundances and on

sampling sites, a principal component analysis (PCA) was performed, and the loadings
are shown in Figure 7a,b for the S-SML and bulk water, respectively. For the S-SML, two
principal components explained 63.1% of the variance in the data, where PC1 contributed
36.5% of the total variance and with positive loadings of PMMA, PA, and PE. PC2 con-
tributed 26.6% of the total variance, with positive loadings of PMMA, PP, and PET. For
bulk water, two principal components explained 71.4% of the variance in the data, where
PC1 contributed 45.4% of the total variance and with positive loadings of PMMA, PP, and
PVC. PC2 contributed 26% of the total variance, with positive loadings of PE and PS.

According to relevant previous research, sources of all polymer types were categorized
as shown in Figure S10 [58–63]. Except from marine and antifouling paints, PMMA
can also originate from terrestrial paints such as those used in building surfaces, road
markings, and so on. In addition, PMMA is also the main component of plexiglass, which
is widely used in windows, lamps, and dashboards for everyday use, as well as in the
manufacturing of airplanes, vehicles, and instruments. Notably, the United States and
Japan have made mandatory provisions in their laws that primary and secondary schools
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and kindergarten buildings must use plexiglass. Furthermore, PMMA microbeads that are
used in cosmetics can enter sewage treatment systems directly and can then be released into
aquatic environments as primary microplastics. The occurrence of PP and PE is consistent
with their huge global production and wide use in modern life, such as plastic bottles,
bags, food packing films, fishing gear, caps, and containers due to their low cost and
good performance.

 
(a) (b) 

Figure 7. Principal component analysis (PCA) of MPs of all polymer types in S-SML (a) and
bulk water (b).

In the S-SML, the strong positive loadings of PA, PE and PMMA on PC 1 mainly
reflected the emissions of marine and antifouling paints from shipping activities. Site 6 was
placed in the direction of the PA loading since it had the highest PA average abundance
(14.5 items/kg). In addition, site 6 and site 4—located along navigation routes—were
placed in the direction of the PMMA loading because they exhibited the highest PMMA
average abundance of 2250 items/kg and 1000 items/kg, respectively, among all sampling
sites. Sites 4, 6, and 7 belonging to the navigation routes were aligned on PC1, showing
that navigation route sites always generated more paint particles. PC2 was characterized
by strong positive loadings of PMMA, PP and PET and showed a linkage with discarded
fishing gears generated from fishing activities (fishing nets, ropes, and lines, etc.) according
to Figure S10. Site 3 and site 5 were aligned on the direction of PET loading because they
exhibited the highest average PET abundance of 9.18 items/kg and 5.64 items/kg. The
strong negative loadings of PVC and “others” on PC2 may be due to their relatively low
abundance, although PVC had the highest average abundance (3.87 items/kg) at site 1 and
“others” had the highest average abundance (11.3 items/kg) at site 2; both site 1 and site 2
are located in coastal areas and they had little relationship with fishing activities. To sum
up, the PCA in the S-SML seemed to reveal single marine-based MP pollution sources due
to marine activities including shipping and fishing activities.

In bulk water, PC1 showed the positive loadings of PMMA, PP, and PVC indicating
diverse MP pollution sources, which may come from domestic consumption such as
plastic packages and containers, building, and decorative materials such as PVC pipes
and other hard plastics. Site 6 on the direction of PVC loading exhibited the highest
PVC average abundance of 2.99 items/kg among all sampling sites. PE and PS’s positive
loadings in PC2 indicated the source of raw materials used in mechanical and electrical
manufacturing. PA and PET showed strong negative loadings on PC1 and PC2 because
these are fibrous MPs generated from clothes, curtains, and carpets during laundry, which
had little relationship with package and building decoration. Site 5 on the direction of PA
loading had the highest PA average abundance of 13.1 items/kg among all sampling sites.
In total, PCA in bulk water may reflect a complex land-based MP pollution source from
daily production and life.
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3.7. Summary of Abundances of MPs in Osaka Bay
MPs were widely distributed in both S-SML and bulk water in Osaka Bay. In the S-SML,

the average abundance of MPs ranged from 261 ± 240 items/kg to 2310 ± 1390 items/kg,
with an average abundance of 903 ± 921 items/kg. In bulk water, the average abundance of
MPs ranged from 33.1 ± 17 items/kg to 108 ± 77.3 items/kg, with an average abundance
of 55.9 ± 40.4 items/kg. MPs’ abundance in the S-SML was about 15 times larger than that
in bulk water. These are the first abundance-related data available for Osaka Bay.

As shown in Table 1, if 0.45 μm was taken as the minimum size standard, MPs’ abun-
dance in the S-SML in Osaka Bay was much higher than that in Geoje Island [11] and Jinhae
Bay in Korea [64] and in Southampton in the UK [65], and MPs’ abundance in bulk water in
Osaka Bay was much higher than that in Geojie Island in Korea [11] and Hudson River in
US [66]. If 44 μm was taken as the minimum size standard, MPs’ abundance in the S-SML
in Osaka Bay was higher than that in Winyah Bay and Charleston Harbor [67] in the US and
was similar to that on the Incheon/Kyeonggi Coast in Korea [33], and MPs’ abundance in
bulk water was higher than that on the Incheon/Kyeonggi Coast in Korea [33], in the South
China Sea [24], in the Terengganu estuary in Malaysia [68], and on the Shore of Rayong
in Thailand [69]. Obviously, the abundance of MPs both in the S-SML and bulk water in
Osaka Bay was relatively high in relation to worldwide values.

Table 1. Abundances of MPs in surface water in the literature worldwide.

S-SML Bulk Water

Size Country Site
MPs’

Abundance
(Items/L)

Size Country Site
MPs’

Abundance
(Items/L)

>10 μm Japan Osaka Bay
(This study) 903 >10 μm Japan Osaka Bay

(this study) 55.9

>0.75 μm Korea Geoje Island
([11]) 211 >0.75 μm Korea Geoje Island

([11]) 0.946

>0.75 μm Korea Jinhae Bay
([64]) 182 >0.45 μm US Hudson River

([66]) 0.980

>0.45 μm UK Southampton
([65]) 75.4 >50 μm Malaysia Terengganu

estuary ([68]) 0.546

>53 μm Japan Osaka Bay
(This study) 170 >53 μm Japan Osaka Bay

(this study) 21.1

>50 μm Korea
Incheon/

Kyeonggi Coastal
([33])

153 >50 μm Korea
Incheon/

Kyeonggi Coastal
([33])

1.60

>63 μm US Winyah Bay
([67]) 30.8 >44 μm China South China Sea

([24]) 2.57

>63 μm US Charleston Harbor
([67]) 6.60 >75 μm Thailand Shore of Rayong

([69]) 1.78

4. Conclusions

Our research highlighted the occurrence and distribution of MP pollution in the S-SML
in Osaka Bay for the first time. Abundant MPs belonging in the PMMA category were
detected both in the S-SML and in bulk water. MPs’ abundances in Osaka Bay were
relatively higher than those in the marine areas of other countries. MPs’ concentrations
were higher along navigation routes than in the coastal area and at the bay center, wherein
MPs with a size of 10–53 μm were the most abundant category among all size ranges. An
FTIR spectra analysis verified an abnormally high abundance of MPs, especially PMMA
MPs, along navigation routes, suggesting a pollution source from shipping activities.
Although MPs’ abundance in the S-SML was significantly larger than that in bulk water, an
abundance of MPs with other polymers besides PMMA was similar between the S-SML and
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bulk water. As such, PMMA was responsible for the large differences in MPs’ abundance
among navigation routes, coastal waters, and the bay center. It was also responsible for the
significant differences in MPs’ concentration between the S-SML and bulk water.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/jox13040044/s1, Table S1: Sampling date, sites, and water tem-
perature; Table S2: Parameters of water samplings; Table S3: Parameter of two kinds of selected
marine paint and antifouling paints; Figure S1: Relevant filtering and dealing process of laboratory
treatment; Figure S2: Observing method of MPs on filters; Figure S3: Average abundance of MPs
at different sampling sites; Figure S4: FTIR spectra of polymer types of MPs; Figure S5: Pictures of
polymer types of MPs; Figure S6: Average percentage of every polymer type of MPs both in S-SML
and bulk water; Figure S7: Spectra of APPs on experimental ship and MPs in bulk water; Figure S8:
Correlation analysis between polymer abundances and seawater and MPs’ size factors; Figure S9:
Correspondence analysis among depth (S-SML and bulk water), abundance of MPs of all kinds of
polymers, sizes, and sampling zones; Figure S10: Source of MPs of all polymer types.

Author Contributions: Conceptualization, H.O.; methodology, M.Z., H.Y. and H.O.; investigation,
M.Z., H.Y. and H.O.; data curation, M.Z. and H.Y.; writing—original draft preparation, M.Z., H.Y.
and H.O.; writing—review and editing, C.K.Y. and C.E.; supervision, C.E. All authors have read and
agreed to the published version of the manuscript.

Funding: This work was supported by the New Energy and Industrial Technology Development
Organization, Moonshot Research and Development Program (JPNP 18016-20333325) to H.O.

Institutional Review Board Statement: Not applicable.

Informed Consent Statement: Not applicable.

Data Availability Statement: Additional information is available upon request.

Acknowledgments: We would like to thank Koji HAMASAKI, AORI, The University of Tokyo,
for helping us making the RDS-KU1 to collect samples from the S-SML. We also thank Katsumi
AOYAMA and Keisuke KITAJIMA, Kobe University Training Ship HAKUO.

Conflicts of Interest: The authors declare no conflict of interest.

References

1. Andrady, A.L. Microplastics in the Marine Environment. Mar. Pollut. Bull. 2011, 62, 1596–1605. [CrossRef] [PubMed]
2. Barnes, D.K.A.; Galgani, F.; Thompson, R.C.; Barlaz, M. Accumulation and fragmentation of plastic debris in global environments.

Phil. Trans. Soc. B 2009, 364, 1985–1998. [CrossRef] [PubMed]
3. Lebreton, L.; Slat, B.; Ferrari, F.; Sainte-Rose, B.; Aitken, J.; Marthouse, R.; Hajbane, S.; Cunsolo, S.; Schwarz, A.; Levivier, A.; et al.

Evidence that the Great Pacifc Garbage Patch is rapidly accumulating plastic. Sci. Rep. 2018, 8, 4666. [CrossRef] [PubMed]
4. Zitko, V.; Hanlon, M. Another source of pollution by plastics: Skin cleansers with plastic scrubbers. Mar. Pollut. Bull. 1991, 22,

41–42. [CrossRef]
5. Gregory, M.R. Plastic ‘scrubbers’ in hand cleansers: A further (and minor) source for marine pollution identified. Mar. Pollut. Bull.

1996, 32, 867–871. [CrossRef]
6. Browne, M.A.; Galloway, T.; Thompson, R. Microplastic-an emerging contaminant of potential concern? Integr. Environ. Asses.

2007, 3, 559–561. [CrossRef]
7. Viel, T.; Manfra, L.; Zupo, V.; Libralato, G.; Cocca, M.; Costantini, M. Biodegradation of Plastics Induced by Marine Organisms:

Future Perspectives for Bioremediation Approaches. Polymers 2023, 15, 2673. [CrossRef]
8. Luo, H.W.; Liu, C.Y.; He, D.Q.; Xu, J.; Sun, J.Q.; Li, J.; Pan, X.L. Environmental behaviors of microplastics in aquatic systems: A

systematic review on degradation, adsorption, toxicity and biofilm under aging conditions. J. Hazard. Mater. 2022, 423, 126915.
[CrossRef]

9. Yeo, B.G.; Takada, H.; Yamashita, R.; Okazaki, Y.; Uchida, K.; Tokai, T.; Tanaka, K.; Trenholm, N. PCBs and PBDEs in microplastic
particles and zooplankton in open water in the Pacifific Ocean and around the coast of Japan. Mar. Pollut. Bull. 2019, 151, 110806.
[CrossRef]

10. Miller, M.E.; Hamann, M.; Kroon, F.J. Bioaccumulation and biomagnification of microplastics in marine organisms: A review and
meta-analysis of current data. PLoS ONE 2020, 15, 0240792. [CrossRef]

11. Song, Y.K.; Hong, S.H.; Jang, M.; Kang, J.H.; Kwon, O.Y.; Han, G.M.; Shim, W.J. Large Accumulation of Micro-sized Synthetic
Polymer Particles in the Sea Surface Microlayer. Environ. Sci. Technol. 2014, 48, 9014–9021. [CrossRef] [PubMed]

20



J. Xenobiot. 2023, 13

12. Wu, D.; Feng, Y.D.; Wang, R.; Jiang, J.; Guan, Q.Q.; Yang, X.; Wei, H.C.; Xia, Y.K.; Luo, Y.M. Pigment microparticles and
microplastics found in human thrombi based on Raman spectral evidence. J. Adv. Res. 2023, 49, 141–150. [CrossRef] [PubMed]

13. Zhang, N.; Li, Y.B.; He, H.R.; Zhang, J.F.; Ma, G.S. You are what you eat: Microplastics in the feces of young men living in Beijing.
Sci. Total Environ. 2021, 767, 144345. [CrossRef] [PubMed]

14. Van Cauwenberghe, L.; Janssen, C.R. Microplastics in bivalves cultured for human consumption. Environ. Pollut. 2014, 193, 65–70.
[CrossRef] [PubMed]

15. Turner, A. Marine pollution from antifouling paint particles. Mar. Pollut. Bull. 2010, 60, 159–517. [CrossRef] [PubMed]
16. Turner, A. Paint particles in the marine environment: An overlooked component of microplastics. Water Res. X 2021, 12, 100–110.

[CrossRef]
17. Wang, T.; Zou, X.Q.; Li, B.J.; Yao, Y.L.; Zang, Z.; Li, Y.L.; Yu, W.W.; Wang, W.Z. Preliminary study of the source apportionment and

diversity of microplastics: Taking floating microplastics in the South China Sea as an example. Environ. Pollut. 2019, 245, 965–974.
[CrossRef]

18. Wang, T.; Li, B.J.; Yu, W.W.; Zou, X.Q. Microplastic pollution and quantitative source apportionment in the Jiangsu coastal area,
China. Mar. Pollut. Bull. 2021, 166, 112237. [CrossRef]

19. Dibke, C.; Fischer, M.; Scholz-Böttcher, B.M. Microplastic Mass Concentrations and Distribution in German Bight Waters by
Pyrolysis−Gas Chromatography−Mass Spectrometry/Thermochemolysis Reveal Potential Impact of Marine Coatings: Do Ships
Leave Skid Marks? Environ. Sci. Technol. 2021, 55, 2285–2295. [CrossRef]

20. Turner, A.; Ostle, C.; Wootton, M. Occurrence and chemical characteristics of microplastic paint flakes in the North Atlantic
Ocean. Sci. Total Environ. 2022, 806, 150375. [CrossRef]

21. Lehmann, M.; Häusl, F.; Gekle, S. Modeling of vertical microplastic transport by rising bubbles. Microplast. Nanoplast. 2023, 3, 4.
[CrossRef]

22. Ye, S.; Andrady, A.L. Fouling of floating plastic debris under Biscayne Bay exposure conditions. Mar. Pollut. Bull. 1991, 22,
608–613. [CrossRef]

23. Cunliffe, M.; Engel, A.; Frka, S.; Gasparovic, B.; Guitart, C.; Murrell, J.C.; Salter, M.; Stolle, C.; Goddard, R.U.; Wurl, O. Sea surface
microlayers: A unified physicochemical and biological perspective of the air−ocean interface. Prog. Oceangr. 2013, 109, 104–116.
[CrossRef]

24. Cai, M.G.; He, H.X.; Liu, M.Y.; Li, S.W.; Tang, G.W.; Wang, W.M.; Huang, P.; Wei, G.; Lin, Y.; Chen, B.; et al. Lost but can’t be
neglected: Huge quantities of small microplastics hide in the South China Sea. Sci. Total Environ. 2018, 633, 1206–1216. [CrossRef]

25. Imhof, H.K.; Laforsch, C.; Wiesheu, A.C.; Schmid, J.; Anger, P.M.; Niessner, R.; Ivleva, N.P. Pigments and plastic in limnetic
ecosystems: A qualitative and quantitative study on microparticles of different size classes. Water Res. 2016, 98, 64–74. [CrossRef]

26. Van Cauwenberghe, L.; Devriese, L.; Galgani, F.; Robbens, J.; Janssen, C.R. Microplastics in sediments: A review of techniques,
occurrence and effects. Mar. Environ. Res. 2015, 111, 5–17. [CrossRef]

27. Dris, R.; Imhof, H.; Sanchez, W.; Gasperi, J.; Galgani, F.; Tassin, B.; Laforsch, C. Beyond the ocean: Contamination of freshwater
ecosystems with (micro-)plastic particles. Environ. Chem. 2015, 12, 539–550. [CrossRef]

28. Baldwin, A.K.; Spanjer, A.R.; Rosen, M.R.; Thom, T. Microplastics in lake mead national recreation area, USA: Occurrence and
biological uptake. PLoS ONE 2020, 15, e0228896. [CrossRef]

29. Wang, Z.; Su, B.; Xu, X.; Di, D.; Huang, H.; Mei, K.; Dahlgren, R.A.; Zhang, M.; Shang, X. Preferential accumulation of small
(<300 μm) microplastics in the sediments of a coastal plain river network in eastern China. Water Res. 2018, 144, 393–401.

30. Nishiyama, K.; Yano, T.; Suzuki, H.; Iida, H. Meteorology and Oceanography in the Seto Inland Sea. Mar. Pollut. Bull. 1991, 23,
5–9. [CrossRef]

31. Chang, P.H.; Guo, X.Y.; Takeoka, H. A numerical study of the seasonal circulation in the Seto Inland Sea, Japan. J. Oceanogr. 2009,
65, 721–736. [CrossRef]

32. Oo, P.Z.; Boontanon, S.K.; Boontanon, N.; Tanaka, S.; Fujii, S. Horizontal variation of microplastics with tidal fluctuation in the
Chao Phraya River Estuary, Thailand. Mar. Pollut. Bull. 2021, 173, 112933. [CrossRef] [PubMed]

33. Chae, D.H.; Kim, I.S.; Kim, S.K.; Song, Y.K.; Shim, W.J. Abundance and Distribution Characteristics of Microplastics in Surface
Seawaters of the Incheon/Kyeonggi Coastal Region. Arch. Environ. Contam. Toxicol. 2015, 69, 267–278. [CrossRef]

34. Pan, Z.; Guo, H.G.; Chen, H.Z.; Wang, S.M.; Sun, X.W.; Zou, Q.P.; Zhang, Y.B.; Lin, H.; Cai, S.Z.; Huang, J. Microplastics in the
Northwestern Pacific: Abundance, distribution, and characteristics. Sci. Total Environ. 2019, 650, 1913–1922. [CrossRef] [PubMed]

35. Cincinelli, A.; Scopetani, C.; Chelazzi, D.; Lombardini, E.; Martellini, T.; Katsoyiannis, A.; Fossi, M.C.; Corsolini, S. Microplastic in
the surface waters of the Ross Sea (Antarctica): Occurrence, distribution and characterization by FTIR. Chemosphere 2017, 175,
391–400. [CrossRef]

36. D’Hont, A.; Gittenberge, A.; Leuven, R.S.E.W.; Hendriks, A.J. Dropping the microbead: Source and sink related microplastic
distribution in the Black Sea and Caspian Sea basins. Mar. Pollut. Bull. 2021, 173, 112982. [CrossRef]

37. Yamamoto, T.; Kitamaru, T.; Matsuda, O. River inputs of fresh water, total nitrogen and total phosphorus into the Seto Island Sea.
J. Fac. Appl. Biol. Sci. Hiroshima Univ. 1996, 35, 81–104.

38. Hoshika, A.; Tanimoto, T.; Mishima, Y. Current and material transport at Tomogashima Strait, Japan. J. Oceanogr. 1999, 55,
427–437. [CrossRef]

39. So, W.K.; Ghan, K.; Not, C. Abundance of plastic microbeads in Hong Kong coastal water. Mar. Pollut. Bull. 2018, 133, 500–505.
[CrossRef]

21



J. Xenobiot. 2023, 13
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Abstract: Pyriproxyfen is an insecticide currently employed in numerous countries for the man-
agement of agricultural and indoor pests. Several studies indicate that this insecticide has been
detected in multiple rivers, with concentrations reaching as high as 99.59 ng/L in the Júcar River in
Spain. Therefore, the determination of some biochemical and genetic effects of this insecticide on
aquatic organisms could serve as an early warning mechanism to identify potential disruptions in
various biomarkers. Based on this, Daphnia magna organisms were exposed to pyriproxyfen sublethal
concentrations for 21 days. Some biochemical parameters, including cholesterol, triglycerides, glu-
cose, lactate, and LDH activity, were determined. Additionally, some genetic biomarkers associated
with oxidative stress, heat shock proteins, lipid metabolism, hemoglobin, metallothioneins, and
vitellogenin synthesis were evaluated in daphnids exposed to the insecticide for 21 days. LDH
activity increased significantly in those daphnids exposed to the highest insecticide concentration
(14.02 μg/L), while cholesterol levels decreased significantly. In contrast, glucose, total proteins, and
triglycerides remained unaffected in D. magna exposed to pyriproxyfen. On the other hand, exposure
to the insecticide led to notable alterations in gene expression among individuals. Specifically, genes
associated with lipid metabolism and reproduction exhibited a significant reduction in gene expres-
sion. Fabd expression was decreased by approximately 20% in exposed daphnids, while vtg expression
was suppressed as much as 80% when compared to control values. Furthermore, it was observed that
the hgb1 and hgb2 genes, associated with hemoglobin synthesis, exhibited significant overexpression.
Notably, the dysfunction observed in both hemoglobin genes was linked to an increase in pigmen-
tation in Daphnia magna during the course of the experiment. These alterations in gene expression
could serve as effective indicators of early contamination even at low pesticide concentrations.

Keywords: pyriproxyfen; Daphnia magna; early biomarkers; gene expression; biochemicals

1. Introduction

Pyriproxyfen, chemically known as 2-[1-methyl-2-(4-phenoxyphenoxy) ethoxy] pyri-
dine, is a powerful insecticide functioning as an insect growth regulator, and it has a broad
range of applications for pest control. It is extensively employed in various public health
programs, serving as an alternative to organophosphate and pyrethroid pesticides [1]. In
fact, it is one of the most efficacious juvenile hormone analogs [2] due to its development
and larvae maturation inhibition effect [3], use as a juvenile hormone III mimic [4], in
preventing insect hatching success [5], disrupting larval development [6], or inducing mor-
phological abnormalities in adult insects, which decreases their reproductive capacity [7],
among others. The effectiveness of its active ingredient was assessed to determine its
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safety for use as an insecticide in drinking water [8], ensuring minimal adverse effects on
non-target aquatic insects and the surrounding environment [9–12].

Pyriproxyfen, known for its relative environmental stability and lipophilic properties
(octanol/water partitioning coefficient of Kow 5.6), may have a significant impact in
freshwater environments which are close to agricultural areas [13]. Concentrations of this
insecticide between 37.74 ng/L and 99.59 ng/L had been detected in western Mediterranean
European rivers, such as the Ebro [14] or Júcar [15], derived from agriculture uses.

According to the World Health Organization (WHO) [8], safe concentration levels for
this insecticide are set at 10 μg/L for drinking water sources and 100 mg/L for bodies of
water. Furthermore, various studies have shown that the effective concentrations utilized
for controlling mosquito pests can result in detrimental impacts on a range of terrestrial
invertebrates like honeybees, as well as aquatic invertebrates such as amphipods, crabs,
and daphnids, affecting both embryos and adult individuals [16–20].

Daphnia magna hold a crucial role as a keystone species in aquatic ecosystems, serving
as primary consumers of algae and providing a vital food source for larger invertebrates
and fish [21]. Disruptions in the population of primary consumers can contribute to
environmental issues (i.e., algal blooms, reduced fish populations, and overall disruption
of the aquatic ecosystem).

Invertebrates’ early exposure to an endocrine disruptor may result in long-term effects
in their endocrine systems, potentially leading to reproductive effects in adult individu-
als [22,23]. Reproduction in parthenogenetically populations such as D. magna could be
seriously affected by pyriproxyfen exposure, resulting in an elevated male production [24].
Olmstead and LeBlanc [25] determined pyriproxyfen’s male production EC50 in D. magna,
about 170–310 pM (55–100 ng/L). Elevated male production in Daphnia species leads to a
decrease in the production of parthenogenic females, a decrease in the population growth
rate and, ultimately, in the overall population abundance [25].

Taking into account pyriproxyfen residues resulting from agricultural applications in
water during the initial weeks post-application, these levels could potentially reach con-
centrations that negatively impact invertebrate populations and other primary consumers
residing in rice fields, floodwaters, freshwater ponds, and similar environments. Biochem-
ical parameters encompass a wide range of responses, and they can be highly sensitive
to various pollutants. The selection of key general metabolites associated with Daphnia’s
energy metabolism, such as proteins, lipids, glucose, and the lactate pathways, is a straight-
forward approach, yielding a rapid response for assessment [26]. These biomolecules are
crucial for the proper development of an individual, and deviations in their concentra-
tions could be attributed to stress induced by the presence of a contaminating agent [27].
Moreover, an examination of genes associated with various processes, including xenobiotic
detoxification pathways (such as metallothionein synthesis), responses to stressors (heat
shock protein synthesis), oxidative stress management (involving glutathione-S-transferase
and catalase), reproduction (vitellogenin), the regulation of fatty acids (acyltransporter
protein synthesis), and hemoglobin production, could serve as an early warning system for
assessing the health status of individuals and, ultimately, entire populations.

Rider et al. [28] established that the accumulation of hemoglobin in daphnids is a
significant adaptive response that is governed by at least two separate molecular path-
ways: one driven by endocrine influences activated by terpenoid hormones and another
associated with oxygen sensing, which involves the hypoxia-inducible factor. Research
into environmental signals capable of triggering neuro-endocrine cascades that govern
various physiological processes has revealed that the accumulation of hemoglobin and
the production of male offspring are concurrently influenced by the crustacean terpenoid
hormone methyl farnesoate, as well as several synthetic analogues like pyriproxyfen. While
sublethal effects do not lead to immediate mortality, they have adverse effects on the
individual. The physiological changes observed in response to environmental pesticide
levels, particularly in invertebrates other than insects, not only offer insights into the eco-
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toxicological implications of pollutants at biological levels but can also serve as a model for
understanding the aquatic toxicity of vertebrates.

The primary goal of this study was to investigate the physiological responses of Daph-
nia magna individuals when exposed to chronic exposure to the insecticide pyriproxyfen,
a potent endocrine disruptor in insects. This research was conducted under controlled
laboratory settings. Biochemical parameters associated with intermediate metabolism were
utilized as critical indicators of insecticide toxicity at the individual level. Additionally, the
study explored the expression of certain genes linked to oxidative stress responses (gst and
cat genes), lipid metabolism (fabd gene), hemoglobin (hb1 and hb2 genes), vitellogenin (vtg
1 and vtg 2 genes), heat-shock protein genes (hsp70 and hsp 90), and metallothioneins (mt-a,
mt-b, mt-c genes), which were considered as potential tools for the early detection of indi-
vidual dysfunction. The parameters selected could prove to be valuable as a diagnostic test
for assessing the well-being of aquatic invertebrates following pesticide spray operations.

2. Materials and Methods

2.1. Daphnia magna Culture

Daphnia magna clon K6 [29] were maintained in our laboratory following OECD [30]
recommendations for more than 20 years. The culture was set in a controlled climate
chamber with a room temperature of 22 ± 1 ◦C, and a photoperiod of 16:8 h light/dark.
Daphnids were kept in well-oxygenated tap water with a pH of 7.9 ± 0.2, alkalinity
of 4.1 mmol/L, total hardness of 181.8 ± 18.8 mg/L as CaCO3, and oxygen saturation
of more than 90%. The population density was maintained below 40 animals per liter.
Nannochloropsis oculata algae at a concentration of 5 × 105 cells/mL was used as food for
daphnids and were cultivated in our laboratory using Bold’s Basal Medium [31] under
constant illumination [32,33]. The daphnids used in the experiments were only females, as
they reproduced by parthenogenesis in good environmental conditions [33,34].

2.2. Test Chemical and Solutions

Technical product pyriproxyfen (CAS number 95737-68-1, >97% purity), chemical
name: 4-phenoxyphenyl (RS)-2-(2-pyridyloxy) propyl ether was provided by The Plant
Protection Company S.L (Proplan, Madrid, Spain).

Pyriproxyfen experiments were conducted in our laboratory using five different test
concentrations: 3.14, 4.74, 6.12, 8.40, and 14.02 μg/L. These concentrations corresponded to
1/107, 1/71, 1/55, 1/40, and 1/24 of the EC50—48 h value [35]. Ethanol was used as the
pyriproxyfen solvent with a maximum concentration of 0.28 μL/L. Previous experiments
have confirmed that this ethanol concentration is safe for Daphnia magna, and no adverse
effects were observed in this species [36]. The pyriproxyfen stock solutions were freshly
prepared daily using a renewal medium.

2.3. Experimental Design

In the experimental setup, an individual adult female was randomly selected from the
general culture. All her offspring from a single brood were then placed in a separate culture,
where they were raised under the same environmental conditions as the general culture.
Starting from the third brood onward, the neonates were utilized in the experiments.

For each experiment, 40 neonates (≤24 h old) were randomly distributed into individ-
ual 3 L glass beakers. The experimental medium and food (N. oculata at a concentration of
5 × 105 cells/mL) were consistently maintained by transferring the Daphnia to fresh test
solutions or control water every day. The experimental water and food were the same as
those used in the general Daphnia culture, as previously described, and the experimental
maintenance conditions in the climate chamber were in accordance with the conditions
mentioned in Section 2.1 (Daphnia magna culture). These experiments were conducted for
21 days using five different concentrations of pyriproxyfen, in addition to a control group,
all under these specified conditions.
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Upon reaching reproductive maturity, the offspring were regularly extracted from the
containers during the daily medium renewal to ensure that only adult individuals remained
in each culture. After 21 days of exposure to these conditions, each adult Daphnia was
carefully transferred to a labeled 1.5 mL Eppendorf tube. In order to guarantee complete
dryness before preservation, any residual medium was removed. Subsequently, the labeled
tubes containing the Daphnia specimens were promptly frozen using liquid nitrogen and
stored at a temperature of −80 ◦C until further analysis.

2.4. Biochemical Analysis

For each pesticide concentration plus control group, 6 replicates (2 individuals/replicate)
were performed. Test organisms were placed in microcentrifuge tubes with 30 μL of
phosphate buffer (pH 7.2) and homogenized on ice. Subsequently, the homogenate was
centrifuged (6 min, 1400× g) and the supernatant transferred to a clean tube preserved on
ice for its immediate use. All reactions took place at laboratory temperature (25 ◦C).

Bradford Protein Assay reagent (Bio-Rad, Hercules, CA, USA) according to Brad-
ford (1976) was used to determine the protein content in the samples using bovine serum
albumin (Sigma-Aldrich, Zwijndrecht, Switzerland) as standard. Total cholesterol, triglyc-
erides, glucose, and lactate dehydrogenase (LDH) were determined by using commercial
Spinreact’s kits (refs. 001090, 1001310, 1001200, and 1001260, respectively) following the
manufacturer’s protocol.

All the assays were adjusted for measurement in microplates. The contents of each
sample were determined spectrophotometrically using a Varioskan microplate reader
(ThermoScientific, Waltham, MA, USA), at their respective absorbance wavelengths. The
data obtained were subsequently normalized to protein content and expressed for each
individual Daphnia.

2.5. RNA Isolation and Quantitative RT-PCR

To analyze the gene expression, a total of 6 replicates were performed. In each replicate
(1 individual per replicate), manual homogenization was carried out using the buffer
provided by the RNA purification kit (Norgen, Thorold, ON, Canada). The extraction
process was conducted in accordance with the manufacturer’s protocol. The concentrations
and quality of the extracted RNA were assessed using a Nanodrop™ One instrument
(ThermoScientific™, Waltham, MA, USA). Finally, 1 μg of RNA was used by means of
the PrimeScript™ RT (Perfect Real Time) kit, reverse transcribing for the cDNA synthesis
(Takara Bio Inc., Otsu, Japan).

To assess the expression of the genes selected, RT-PCR was conducted using TB
Green Premix Ex Taq (Takara Bio Inc., Otsu, Japan) as the reagent in the 384 QuantStudio
5 real-time PCR detection system (ThermoScientific™, Dreieich, Germany). The thermo-
cycling profile consisted of an initial denaturation step at 95 ◦C for 10 min, followed by
40 amplification cycles at 95 ◦C for 15 s, 60 ◦C for 30 s, and 72 ◦C for 15 s. GAPDH
(glyceraldehyde-3-phospate dehydrogenase) was used as the reference gene. A melting
curve analysis was carried out to confirm the unique amplification of the selected genes.

The primer sequences employed in the study are presented in Table 1. We used
QuantStudio™ Design and Analysis Software 1.5.1 (ThermoFisher, Waltham, MA, USA) to
analyze the data obtained from the real-time PCR analysis.

2.6. Statistical Analysis

GraphPad Prism 7 software (GraphPad Software, Solana Beach, CA, USA) was used for
statistical analyses. Kolmogorov–Smirnov and the Levene tests were used in a priory test.
Significant differences between groups were assessed using one-way ANOVA, followed by
Dunnett’s multiple tests as a post hoc analysis. The significance level was predetermined
at p-values < 0.05.

27



J. Xenobiot. 2024, 14

Table 1. Primer sequences employed for gene-specific real-time RT-PCR.

Gene Forward Reverse Reference

GAPDH TGCTGATGCCCCAATGTTTGTTGT GCAGTTATGGCGTGGACGGTTGT [37]

vtg1 CCAGCGAATCCTACACCGTCAAG GAGCCGCACAGACCACAGAG

[38]

vtg2 CGTCCGCCACTGGTTGGGTC GGGGCAGCCAAGACAGAGCG

mt-a GAGCGCCATGCCAAAATCCC TCGTCGTTGTAAAATCCGGCT

mt-b TGGAACCGAATGCAAATGCG CGGACTTGCATGGACAACTG

mt-c AAAGTGTGCCCTCGTTGTCA CTTACAGTCGTCCCCACACG

gst TCAGGCTGGTGTTGAGTTTG GAGCAAGCATTTGTGCATCA

cat TGGCGGAGAAAGCGGTTCAGC GTGCGTGGTCTCTGGGCGAA

hsp70 CGACGGCGGGAGATACGCAC CCACGGAAAAGGTCGGCGCA

hsp90 CCCTCTGTGACACTGGTATTGGCA GCCCATGGGTTCTCCATGGTCAG

fabd GCCAACTACCTGTATCCTGAATG GTGGAACGCTCCGCTAACT

hb1 ACAAATTGCTCTGGTTGCCG AAGGTTTTTGAGTGCCACGT
[39]

hb2 TGTTACCACCAGTGTCACCA TATTCAGGGTGGGCCTTGAT

3. Results and Discussion

After 21 days of Daphnia magna chronic pyriproxyfen exposure, no mortality was
observed, and the survival rate remained at 100% in both the control groups and the
exposed daphnids.

Lactate dehydrogenase activity (LDH), as well as cholesterol levels in pyriproxyfen-
exposed D. magna, are shown in Figure 1. As we can see in Figure 1A, LDH activity
increased significantly (p < 0.05) in those daphnids exposed to the highest pesticide concen-
tration (14.02 μg/L), while cholesterol levels decreased significantly (p < 0.05) (Figure 1B).

Figure 1. LDH activity (A) and cholesterol levels (B) in D. magna exposed to pyriproxyfen for 21 days,
compared (%) to control group C. Results are mean ± SEM (* p < 0.05).

In contrast, glucose, total proteins, and triglycerides (Figure 2) remained unaffected
in those daphnids exposed to pyriproxyfen. Therefore, the results suggest that the energy
reserves of D. magna were not significantly affected by the selected pyriproxyfen concen-
trations during the 21-day period, and the findings do not indicate a substantial toxic
stress response.

The increase in LDH activity observed at the highest exposure concentration may be
linked to increased resource demand. Wu and Lam [40] previously reported a negative
correlation between LDH activity and ambient oxygen levels in D. magna, suggesting a
potential biochemical adjustment in response to hypoxic conditions. LDH is a cytoplasmic
enzyme found in numerous tissues, and its elevation, following intoxication, could signify
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both damage and inadequate oxygen intake, as well as an additional energy requirement
to meet the heightened energy demands of stressed animals. In fact, a transient increase in
LDH activity could indicate the induction of anaerobic glycolysis to fulfill the heightened
energy demands. In vertebrates like fish, increased anaerobic metabolism is a rapid and
clear response to the energy depletion caused by oxygen deprivation [41]. A reduction
in lipid reserves is typically associated with an increase in energy demand in pesticide-
exposed animals, and lipid catabolism might be an outcome of a toxicant-induced stress
situation. However, in the present study we did not find a mobilization of lipid reserves (as
triglycerides) and only cholesterol levels decreased in our exposed daphnids. Decreases in
both cholesterol and triglycerides were observed in D. magna because of chronic exposure
to other pesticides, such as the fungicide tebuconazole [42].

Figure 2. Protein content (A), glucose levels (B), and triglyceride levels (C) in D. magna exposed to
pyriproxyfen for 21 days, compared (%) to control group C. Results are mean ± SEM.

The fabd gene, linked to lipid metabolism (Figure 3), showed a significant under-
expression, with a reduction exceeding 40% compared to the control, in those daphnids
which were exposed to all the selected pyriproxyfen concentrations. So, a drop in this gene
expression would lead to an alteration in the storage of lipid reserves, which were not
found in the present study.

Figure 3. Results in fabd gene expression in D. magna exposed to pyriproxyfen for 21 days, compared
(%) to control group C. Results are mean ± SEM (* p < 0.05).

Very little is known about the mechanisms by which toxicants can disrupt lipid
accumulation in invertebrates. Knowledge about invertebrate lipid metabolism and their
regulation needs further studies, as suggested by Fuertes et al. [43], in D. magna.

Some other studies have reported the overexpression of this gene in Daphnia magna
because of exposure to substances like triphenyl phosphate [44]. In contrast, Seyoum
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et al. [38] investigated lipid metabolism and related genes in D. magna under phthalate ex-
posure and found that the expression of fabd remained unchanged. These varying responses
underscore the complexity of how different chemicals can influence gene expression in D.
magna.

Moreover, it is noteworthy that pesticides can influence the structural integrity of
gills, potentially reducing their efficiency as respiratory organs. In the current study, an
increase in Daphnia magna hemoglobin (hgb1 and hgb2) gene expression was observed after
exposure to the highest pyriproxyfen concentrations (Figure 4). In fact, at the highest
concentration tested, a significant (p < 0.05) overexpression, exceeding a five-fold change,
was identified. This insecticide induced the overexpression of hgb1 and hgb2 gene products.
Such inductions could function as a defense mechanism, as described by Eytcheson and
LeBlanc [45]. The authors demonstrated that exposing Daphnia magna to a low concentra-
tion of pyriproxyfen (96 ng/L) for 48 h triggered the activation of hemoglobin synthesis.
This adaptive response assisted in reducing the toxicity of sodium nitrite present in the
environment, acting as a protective measure against this pollutant.

Figure 4. Hemoglobin hgb1 and hgb2 gene expression results in D. magna exposed to pyriproxyfen for
21 days, compared (%) to control group C. Results are mean ± SEM (* p < 0.05).

It is well-established that stress represents a mechanism of physiological compensation
that an organism adopts in response to a challenging physical or chemical factor, in our
case, the insecticide pyriproxyfen. Our findings are like those found by Rider et al. [28],
who exposed Daphnia magna and Daphnia pulex individuals to methyl farnesoate as well
as to pyriproxyfen (at concentrations ranging from 23 to 64 ng/L). They observed the
stimulation of neuroendocrine cascades, leading to an increase in hemoglobin levels. This
physiological response was accompanied by a visible change in the color of the individuals,
transitioning from a pale hue to shades of yellowish and reddish.

In response to exposure to the insecticide, a reduction in heat-shock protein (hsp90)
gene expression, approximately 40%, was observed in the exposed Daphnia, with no changes
found in hsp70 gene expression (Figure 5). Similar results were found by Silva et al. [46]
in Daphnia magna exposed to the pesticide carbendazim. The authors suggested that the
repression of heat-shock proteins might indicate that the mechanisms for cellular repairing
damage could be compromised.

However, it is important to note that other studies have reported an overexpression of
the hsp90 gene in Daphnia magna when exposed to the flame-retardant triphenyl phosphate
for 21 days [44]. Exposure to microplastics also appears to induce the overexpression of
these genes, as indicated by Liu et al. [47], in Daphnia pulex over the exposure period.
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Figure 5. Heat-shock protein hsp70 and hsp90 gene expression results in D. magna exposed to
pyriproxyfen for 21 days, compared (%) to control group C. Results are mean ± SEM (* p < 0.05).

The expression of hsp genes can vary not only due to the presence of xenobiotics but
also due to various biological parameters, such as the presence of predators [47] or physical
parameters like temperature [48]. In this context, our results are similar to those found by
Kim et al. [49], who observed changes in hsp90 expression induced by exposure to mercury.
As explained by the authors, the expression patterns of these genes can fluctuate based on
exposure time and other factors.

In our study, no significant (p > 0.05) alterations were observed in D. magna met-
allothioneins mt-a, mt-b, and mt-c gene expression following exposure to pyriproxyfen
(Figure 6). Many studies have established a connection between the suppression of these
genes with increased toxicity resulting from various types of toxic factors, including metals
or pesticides. This inhibition often leads to oxidative stress and is associated with metabolic
imbalances [50–52].

Figure 6. Metallothioneins results in D. magna exposed to pyriproxyfen for 21 days, compared (%) to
control group C. Results are mean ± SEM.

Furthermore, products that are generally characterized as non-endocrine active com-
pounds, such as perfluorinated alkyl substances, have been shown to inhibit the expression
of these three genes in Daphnia magna [53]. These results highlight the diverse responses of
Daphnia to different chemical compounds and their potential effects on gene expression.
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In relation to oxidative stress, gluthathione-s-transferase (gst) gene and catalase (cat)
gene were studied in D. magna after 21 days of exposure to pyriproxyfen. No significant (p
> 0.05) alterations were observed in the expression of the gst gene, whereas the expression
of the cat gene was significantly (p < 0.05) reduced (Figure 6). These genes are involved
in antioxidant pathways and encode key antioxidant enzymes, including glutathione-
S-transferase (gst) and catalase (cat), which are utilized by many aquatic organisms to
mitigate the harmful effects of reactive oxygen species (ROS) [54].

It is important to note that different xenobiotics can produce varying effects on these
genes in Daphnia. For instance, some studies have shown that phthalates inhibited the
expression of both gst and cat genes in Daphnia magna [38,55], while the fungicide prochloraz
did not significantly reduce the gene expression of gst and cat in the same species [50]. On
the other hand, a decrease in gst and an increase in cat genes expression were found in D.
magna exposed to the fungicide boscalid [56]. Kim et al. [49] observed an increase in GST
activity in Daphnia pulex at a concentration of 2 μg/L pyriproxyfen. In our study, we did
not examine GST activity, and the unaltered expression observed could suggest that the
antioxidant response remained unaffected or disrupted. Further studies would be needed
to provide a more comprehensive understanding of this response.

Oxidative cellular stress takes place if the concentration of free oxygen radicals (ROS)
exceeds the natural neutralizing capacity of the cell [57]. Liu et al. [45] determined that the
presence of microplastics in their environment seems to affect the expression of the stress
defense gst gene in D. magna. The authors indicated that this effect was an age function,
with both inhibition and over expression. Inhibition would be in relation to juveniles of
7 and 14 days for the gene gst, while overexpression would relate to early individuals
(24–96 h) and the oldest individuals (21 days). In the same study, the authors observed
that the cat gene experienced overexpression, but only after 21 days of exposure. In our
results, the expression of cat gene was inhibited in daphnids after 21 days of exposure at
all the toxicant concentrations tested, as is shown in Figure 7. This suggests a potentially
disruptive effect on the response to oxidative stress.

Figure 7. Oxidative stress (cat and gst) results in D. magna exposed to pyriproxyfen for 21 days,
compared (%) to control group C. Results are mean ± SEM (* p < 0.05).

Vitellogenin is considered a potential early biomarker which may precede reproductive
effects in Daphnia exposed to various xenobiotics. In our study, vtg1 and vtg2 gene
expressions in Daphnia magna were strongly inhibited (>80%) after 21 days of pyriproxyfen
exposure (Figure 8). This observation confirms the reproductive impact of pyriproxyfen on
the exposed females and underscores its role as an endocrine disruptor.
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Figure 8. Vitellogenin results in D. magna exposed to pyriproxyfen for 21 days, compared (%) to
control group C. Results are mean ± SEM (* p < 0.05).

These results are similar to those found by Seyoum et al. [53] in D. magna exposed
to alkyl perfluorinated, who associated the reduction in the number of neonates per
daphnia joint with the under expression of the vtg2 gene. Vitellogenin, an essential yolk
protein in Daphnia, could be stimulated by anti-ecdysteroid products [58], promoting
egg development. However, the results of pyriproxyfen exposure are indicative of a
strongly disruptive effect on reproduction. The lowest concentration tested, 3.14 μg/L,
caused a depletion of progeny greater than 50% after 21 days, while the time to first
brood was significantly increased; additionally, male progeny was observed at all exposure
concentrations [35].

4. Conclusions

The exposure of Daphnia magna to pyriproxyfen altered its metabolism, as indicated by
the differential gene expression results. However, all the animals in the study survived the
exposure period at all the tested insecticide concentrations. Our findings highlight a clear
endocrine-disruptive effect on D. magna, not only at the reproductive level, as indicated by
the expression of vtg1 and vtg2 genes, but also with implications for the maintenance and
growth of the individuals. Therefore, we could consider vitellogenin as a potential early
biomarker for pyriproxyfen in Daphnia magna.

To obtain a better understanding of the minimal effects of pyriproxyfen on aquatic
invertebrates, such as daphnids, longer exposure periods and lower concentrations should
be considered. These extended assays will be valuable in identifying disruptive effects
in the environment and helping to protect invertebrate populations. Invertebrate species,
particularly D. magna, have been effectively utilized in screening and testing assays for
many years. Such applications should now play a crucial role in screening and testing
programs for endocrine-disrupting chemicals (EDCs).
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Abstract: Graphene-based nanomaterials are exceptionally attractive for a wide range of applications,
raising the likelihood of the release of graphene-containing nanoparticles into aquatic environments.
The growing use of these carbon nanomaterials in different industries highlights the crucial need
to investigate their environmental impact and evaluate potential risks to living organisms. The
current investigation evaluated the nanotoxicity of graphene (nanoflakes) and graphene oxide (GO)
nanoparticles on the cardiorespiratory responses (heart rate, gill ventilation frequency), as well as the
swimming and nesting behavioral parameters of early stage larvae and juvenile salmonids. Both short-
term (96 h) and long-term (23 days) exposure experiments were conducted using two common species:
brown trout (Salmo trutta) and rainbow trout (Oncorhynchus mykiss). The findings demonstrated
notable alterations in fish nesting behavior, swimming performance, and cardiorespiratory functions,
indicating the potential toxicity of nanoparticles. This impact was observed at both physiological
and whole-organismal levels in salmonids at early stages. Future investigations should explore
different types of nanocarbons and their potential enduring effects on fish population structure,
considering not only individual survival but also broader aspects of development, including feeding,
reproductive, and other social dynamics.

Keywords: gill ventilation; heart rate; larval stage; juveniles; nests; swimming activity

1. Introduction

Carbon nanomaterials, including graphene, which have been discovered in the last
several years, exhibit remarkable properties with significant potential across a spectrum
of applications [1,2]. These applications encompass energy storage, electronics, nanocom-
posites, medical applications, extreme condition systems, desalination, antifouling agents,
and the purification of pollutants from seawater. The demand for such nanocarbons is
expected to exceed 1 kiloton annually by the early 2025s, with additional growth foreseen
as the nanotechnology sector progresses [3]. The increasing utilization of nanocarbons,
combined with the lack of regulatory constraints and efficient waste management, presents
a growing threat to both the environment and human safety [4]. Therefore, it is essential
to meticulously define and establish scientifically valid thresholds for the presence of
nanomaterials in aquatic environments, ensuring the sustainability and welfare of aquatic
species by considering factors such as size, composition, and concentration.

The existing or anticipated environmental concentrations of carbon nanomaterials
are unclear because of inadequate measurement methods. Due to limitations in analytical
methodologies, the fate of these nanomaterials in the environment remains unknown.

While the technological processes for synthesizing various graphene-based nanoma-
terials (GBNs) may be similar, slight variations in the properties of the final products can
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lead to diverse induced toxicity effects. Thus, when identifying adverse effects on aquatic
biota from a particular material, it is essential to comprehensively understand not only the
carbon nanomaterials themselves but also to attribute these effects to their physicochemical
characteristics. The toxicity of GBNs might be influenced by specific characteristics such
as linear size, particle form, quantity of layers, surface characteristics, functionalization,
impurities, and their susceptibility for aggregation, clustering, and sedimentation [5,6].
The dynamic interaction of GBNs with living organisms, spanning a size range from a
few to 100 nm, stands as a critical factor influencing their compatibility within biological
systems [7]. Whether taken in by organisms or adhering through biological barriers such
as skin, mucosal membranes, and the blood–brain barrier, GBNs harbor the potential to
instigate mechanical damage to cells, thereby disrupting diverse cellular functions [8].
These disturbances extend to the induction of oxidative stress, the alteration of cell viability,
and the modulation of immunological, physiological, and behavioral responses, collectively
impacting the overall health of the organism [9–11].

Recent studies have revealed that graphene oxide (GO) can induce genotoxic, immuno-
toxic, and cytotoxic changes in living organisms, including enhanced apoptosis, oxidative
stress, cardiac and metabolic impairments, and disruptions in fish embryo development, all
of which have implications for their survival and population structure [12–15]. The toxic
mechanisms of GO-induced toxicity in fish have also been extensively examined at the cellular
and molecular levels [16,17]. However, most of the studies demonstrating the adverse effects
in fish focus on the crucial role that fish play in the transport of nanomaterials within and
beyond water body boundaries. The success of population recruitment is heavily dependent
on the well-being of these early life stages. Many of these studies were primarily conducted
in vivo using zebrafish (Danio rerio) [12,13,18,19], or a Japanese medaka (Oryzias latipes) which
are known as a model species characterized by a relatively brief embryonic and larval de-
velopment [20,21]. Nevertheless, the impact of carbon nanomaterials on the initial phases of
different fish species, such as salmonids, which undergo an extended embryonic development,
remains uncertain. While salmonids are an economically valuable fish species that naturally
inhabit aquatic environments and may be directly exposed to various nanocarbons, there is a
scarcity of toxicological data pertaining to these species. Information on induced effects at dif-
ferent stages of development and across various biological levels is lacking. Therefore, further
exploration is warranted across a spectrum of scales, from cellular to whole-organism levels.

To enhance understanding and supplement existing data on the effects of GBNs on
freshwater salmonids, this study examined the short-term (4 days) and long-term (23 days)
impacts of graphene (nanoflakes) and GO on brown trout (Salmo trutta) and rainbow trout
(Oncorhynchus mykiss) at various developmental stages (larvae and juveniles). Utilizing the
popular form of graphene (nanoflakes) and the more economical and extensively studied
GO as its precursor, we assessed physiological parameters such as heart rate (HR) and gill
ventilation frequency (GVF), along with nesting rate and swimming activity. These analyses
aimed to elucidate the influence of these carbon nanomaterials at both physiological and
whole-organismal levels, providing insights into early stage fish behavioral traits that could
impact their survival.

2. Materials and Methods

2.1. Study Animal

Brown trout (S. trutta) and rainbow trout (O. mykiss) eyed-stage embryos were obtained
from fish hatcheries in Trakų Vokė, Lithuania, and Dąbie, Poland. Rainbow trout embryos
followed the incubation protocol as described in [22]. In 1.7 L glass containers, 300 rainbow
trout eggs were placed, along with 1.5 L of freshwater (filtered through GF/F filters;
Whatman 47 mm, 0.7 μm) and 200 g of gravel sediment (3 mm in diameter). These
containers were incorporated into a closed-loop recirculation system equipped with a
cooling unit (Titan 2000, Aqua Medic, Bissendorf, Germany) to maintain a steady water
temperature of 9 ± 0.5 ◦C.
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Brown trout eggs were put in incubators (430 × 510 × 150 mm) made of porous stain-
less steel (2 mm in diameter), ensuring a steady water flow at a temperature of 8 ± 0.5 ◦C.
Brown trout juveniles, originating from a stock population within the same spawning, were
accommodated in Recirculating Aquaculture Systems (RAS) in 1 m−3 capacity tanks. The
flow-through system, with a water density below 25 kg m−3, maintained a flow rate of
10–15 mm s−1, and the environment was controlled at a pH of 8 and a temperature of 12 ◦C,
following natural dark–light cycles.

Experimental trials were conducted on larval stages (1-day post-hatching) for both
S. trutta and O. mykiss, as well as on S. trutta juveniles (~8 months old, 0+) with a weight
(mean ± SD) of 5.91 ± 1.42 g and a length of 6.51 ± 0.72 cm (n = 80).

All biological testing followed the guidelines specified in [23] for the ethical treatment
of animals used in scientific research. The protocol received approval from the Animal
Ethics Committees of both the Lithuanian State Food Veterinary Service (license no. G2-168;
valid from 8 February 2021 to 7 February 2025).

2.2. Synthesis and Characterization of Graphene Oxide

The fresh portion of GO was synthesized based on methodology described in our
previous study [24]. The synthesized GO was subjected to thorough characterization via
Fourier-transform infrared spectroscopy (FTIR), X-ray powder diffraction (XRD), Raman
spectroscopy, thermal gravimetric analysis (TGA), X-ray fluorescence (XRF), and scanning
electron microscopy (SEM) analysis.

The FTIR spectra of prepared GO were recorded with ALPHA spectrometer (Bruker Inc.,
Ettlingen, Germany) from 400 to 3800 cm−1 with resolution of 4 cm−1 to affirm the formation
of functional groups: carboxyl, epoxy, and hydroxyl. The recorded spectra exhibited peaks
at 1053, 1080, 1230 1420, 1621, 1736 cm−1 and one wide 3000–3300 cm−1, corresponding to
C–O, C–O–C, C–OH, C–C, C=O, and O–H vibrations, respectively. The Raman spectra was
recorded using RAM II system (Bruker Inc., Ettlingen, Germany) with a 1064 nm laser. The
D ang G bands were detected at ranges 1300–1350 cm−1 and 1595–1610 cm−1, respectively.
The calculated intensity ratio of those bands was 0.76, indicating a high degree of oxidation of
synthesized GO [25]. The XRD pattern was captured utilizing a RIGAKU X-ray diffractometer
from Japan and provided for analysis with the PDXL software package (version 2.8.4.0). The
successful synthesis of GO was validated by a significant peak at 2θ = 10.44◦. Moreover,
calculations of crystallite size of GO applying the Halder–Wagner method [26] showed a
result of 6.4 ± 0.4 nm. The purity of produced GO was examined with TGA (STA Pt 1600 with
mass spectrometer Thermostar GDS 320, Linseis, Selb, Germany) and XRF (Fluorescent X-ray
spectrometer, Panalytical, Almelo, The Netherlands) techniques. Both detected the sulphur
as a main impurity (potentially originating from the H2SO4 used during the synthesis) with
0.119% of tested samples and a purity of GO was 99.621 ± 0.011%. The size distribution was
examined with SEM Helios NanoLab 650 (FEI, Eindhoven, The Netherlands). Analysis of
images showed that the size of synthesized GO sheets is, on average, 10 μm, with nm scale
thickness (Figure 1A,B).

The commercially available graphene (nanoflakes) were purchased from Graphene
Supermarket Inc. (Ronkonkoma, New York, NY, USA). Because of natural aggregation, the
thickness might range from one to a few graphitic sheets. The linear size of these sheets
fluctuates between 8 and 20 nm, with a grain size distribution approximately ~12 nm
(Figure 1C,D).
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Figure 1. SEM images depicting the synthesized graphene oxide (GO) (A,B), and graphene
(nanoflakes) (C,D). SEM images adapted from our previous studies [24,27].

2.3. Experimental Design

To analyze the impact of graphene (nanoflakes) and GO on brown trout (S. trutta)
and rainbow trout (O. mykiss), the research was divided into short-term (up to 96 h) and
long-term (up to 23 days) experiments, considering the stage of fish development and the
tested parameters. A schematic representation of the experimental settings is provided in
Figure 2.

Figure 2. A flowchart of experimental settings.
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2.3.1. Experiment 1: Short-Term Exposure of S. trutta Larvae to GO

Short-term behavioral tests were conducted on S. trutta larvae and juveniles, exposing
them to various concentrations of GO (0, 1.0, 10.0, 20.0, and 40.0 mg L−1). Fish larvae were
tested in groups of 10 per replicate (40 per treatment) in 0.6 L glass beakers filled with
0.5 L of water with dispersed GO achieved through stirring or ultrasonication with EMAG
EM40HC (at 38 kHz) for up to 2 min period. The control group received GO-free water
from RAS.

Experiments lasted 96 h in a climate chamber (PGC-660, Bronson, Zaltbommel, The
Netherlands) at a constant water temperature of 8 ± 0.5 ◦C and under dark lighting
conditions. Continuous aeration was maintained to maximize oxygen saturation and
minimize GO particle aggregation intensity.

The quantity (expressed as a percentage, %) of larvae within nests (identified when
one larva closely interacts with another) was observed and computed after 24, 48, 72, and
96 h of exposure. Heart rate (HR) and gill ventilation frequency (GVF) of 5 larvae per
treatment were calculated after 96 h. Cardiorespiratory monitoring was carried out after
96 h of exposure, examining each larva for 15 s in the dark to avoid light interference. No
deceased larvae were observed throughout the 96 h exposure period.

Experiments with larvae were conducted in compliance with ISO standards [28] and
the OECD recommendations for acute toxicity tests [29].

2.3.2. Experiment 2: Short-Term Exposure of S. trutta Juveniles to GO

For the analysis of swimming activity, individual S. trutta juveniles were placed in
open-field glass tanks (350 × 200 × 200 mm), with 16 individuals per treatment. Each tank
was filled with 3 L of water (13 ± 1 ◦C) sourced from RAS. Fish acclimatization lasted
30 min prior to testing. In exposure trials, the GO test concentration, similar to that used for
exposed fish larvae, was introduced and thoroughly mixed to prevent particle aggregation.

The trials were carried out under static water conditions, signifying that the water
remained unchanged until the experiment’s conclusion. The water was consistently aer-
ated. The temperatures of the water and dissolved oxygen (DO) saturation (99.7%) in the
experimental tanks holding the test fish were steady throughout the study.

Swimming activity data were analyzed using Ethovision XT 16 (Noldus Inc., Wa-
geningen, The Netherlands) video tracking software. Common endpoints such as total
distance moved (cm), average velocity (cm s−1), and cumulative movement duration (%)
were selected for analysis. Video data were gathered at intervals of 10 min throughout
the 2 h experimental periods. Fish swimming behavior was evaluated by consolidating
group-mean data after a 2 h period.

Experiments 1 and 2 were carried out at the Nature Research Centre (Lithuania).

2.3.3. Experiment 3: Long-Term Exposure of O. mykiss Larvae to Graphene (Nanoflakes)

This study examined the prolonged impact (23 days) of graphene (nanoflakes) on the
swimming behavior of O. mykiss larvae (220 D◦) in accordance with a previous study [29].
Each individual larva was placed in transparent, cylinder-shaped plastic jar (70 × 100 mm)
filled with 0.3 L of a graphene (nanoflakes) solution at a concentration of 4 mg L−1,
consistent with the exposure groups used for stocking (5 larvae each replication, total
of 15 per treatment). Additionally, larval groups (10 individuals per replicate, 90 in total
per treatment) were exposed, and their overall group activity duration, measured as pixel
changes across the observational arena (activity within arena, %), was assessed using the
same video tracking software. All larvae were simultaneously monitored in their respective
jars.

The choice of the 4 mg L−1 concentration was based on the outcomes observed in a
short-term experiment and the observed effects at the lowest concentration of graphene
oxide (GO). It also aligns with the lower range of carbon nanomaterial concentrations
commonly applied in experimental studies on fish’s early life stages [12,15,30,31].
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The jars were moved to a flow-through system located in an open-field glass tank to
ensure a stable water temperature (9 ± 1 ◦C) and monitor the movement of the larvae. A
30 min acclimation period preceded the recording of swimming activity. Trials were carried
out under static water conditions and natural lighting, with dissolved oxygen (DO) levels
consistently maintained above 9.6 mg L−1. Data were gathered at 10 min intervals during
a 5 min recording period, and group-mean data after 1 h were employed for additional
analysis, as outlined in Section 2.4.

Experiment 3 was carried out at the National Marine Fisheries Research Institute (Poland).

2.4. Statistical Analysis

Statistical data evaluation included checking for normality using the Shapiro–Wilk
test and assessing homoscedasticity through the Levene test. Visual inspection of residuals
was conducted, and when necessary, log- or square-root transformations were applied,
followed by re-analysis to meet parametric assumptions. If the requirements were not met
post-transformation, non-parametric tests were employed.

Nesting and short-term swimming behavioral data over time exposure underwent
Repeated Measures ANOVA, with Mauchly’s sphericity test ensuring model fitness. As
no significant RM ANOVA model, including the time variable, was identified, the swim-
ming activity data over time was consolidated and subjected to one-way ANOVA. Fish
larval swimming data over 16-, 20-, and 23-day periods were analyzed using linear mixed-
effects models (LMEMs), incorporating replicate and larvae ID (for individual behavior)
as random factors and time/treatment as fixed effects. T-independent tests were used to
determine significant differences between treatments at specific timeframes. For cardiores-
piratory data, the non-parametric Kruskal–Wallis test was utilized to identify significant
differences among independent groups. Each ANOVA was followed by a post-hoc Tukey’s
HSD test, with significance set at p < 0.05. Hierarchical cluster analysis (HCA) identified
treatments with comparable effects on fish, utilizing normalized data, Euclidean distance,
and average linkage.

Statistical analyses and visualizations utilized STATISTICA (v10.0, StatSoft Innovations;
Tulsa, OK, USA) and PRISM (v8.0.0, GraphPad Technologies; San Diego, CA, USA) software.

3. Results

3.1. The Short-Term Effects of GO on S. trutta Larvae
3.1.1. Cardiorespiratory Functions

The examination of cardiorespiratory endpoints of brown trout (S. trutta) larvae after
96 h revealed that only GVF showed any slight changes, with a 9.3 ± 2.1% decrease at the
highest tested concentration (Kruskal–Wallis H = 27.3, p = 0.02; Figure 3A). In contrast,
heart rate (HR) (Figure 3B) proved to be a less sensitive endpoint, displaying insignificant
changes (p > 0.05) compared to the control level, ranging from 84 to 104 counts/min, similar
to those exposed to GO concentrations at 20.0 and 40.0 mg L−1.
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Figure 3. Gill ventilation frequency (GVF) (count/min), (A) and heart rate (HR) (count/min),
(B) (mean ± SEM, raw data, n = 20) during 96 h exposure trials exposure to different concentrations
of graphene oxide (GO). Asterisks (*) denote significant differences between treatments compared to
the control level at significance levels of p < 0.05 (*).

3.1.2. Nesting Behavior

The nesting behavior of S. trutta larvae (Figure 4) was significantly impacted by
GO over a 96 h period, revealing a noteworthy interaction between time and treatment
(Repeated Measures ANOVA, F12,45 = 2.2, p = 0.031; Figure 4A). Following a 24 h exposure
to GO concentrations of 10 (Tukey’s HSD test, p = 0.025), 20 (p = 0.002), and 40 (p < 0.001)
mg L−1, a significant decrease (% change ± SEM), ranging from 10.8 ± 1.9 to 23.1 ± 4.3% of
larvae in nests, was observed compared to the control level. Interestingly, as the length of
GO exposure grew, the number of larvae in nests also grew, indicating a possible adaptive
response to extended GO exposure.

Figure 4. Number of brown trout (S. trutta) larval individuals (1 day after hatching) in nests (%)
(A) (mean ± SEM, raw data, n = 4 repl.) after 24 h (A), 48 h (B), 72 h (C), and 96 h (D) exposure to
different concentrations of graphene oxide (GO). Asterisks (*) denote significant differences between
treatments compared to the control observational timeframe at significance levels of p < 0.05 (*),
<0.01 (**), and <0.001 (***).

3.2. The Short-Term Effects of GO on S. trutta Juveniles
Swimming Activity

The obtained behavioral data in brown trout (S. trutta) juveniles revealed significant
alterations in swimming activity endpoints, including total distance moved (F4,75 = 8.3,
p < 0.001), average velocity (F4,75 = 9.2, p < 0.001), and movement duration (F4,75 = 7.9,
p < 0.001), following a 2 h exposure to various concentrations of GO as illustrated in
Figure 5. Analyzing these endpoints, the impact of GO on fish juveniles was characterized
by a considerable increase from the control level, ranging from 53.5 ± 12 to 72.2 ± 15%
(p < 0.01), across almost all tested concentrations (10.0, 20.0, and 40.0 mg L−1) of GO.
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Figure 5. Total distance moved (cm) (A), average velocity (cm/s) (B), and (cumulative) movement
duration (%) (C) (mean ± SEM, raw data, n = 16) for brown trout (S. trutta) juveniles after 2 h of
exposure to different concentrations of graphene oxide (GO). Asterisks denote significant differ-
ences between treatments compared to the control observational timeframe at significance levels of
p < 0.01 (**), and < 0.001 (***).

3.3. The Hierarchical Cluster Analysis

The hierarchical cluster analysis (HCA) revealed distinct groupings among the studied
fish (brown trout) (Figure 6). The first cluster included S. trutta larvae and juveniles exposed
to 1.0 mg L−1 GO, along with the control group, indicating similar behavioral responses. In
the second major cluster, fish treated with 10.0 and 20.0 mg L−1 GO formed one subcluster,
while those exposed to 40.0 mg L−1 GO comprised another. This detailed categorization
highlights nuanced variations in fish responses to different GO concentrations, emphasizing
concentration-dependent effects and the significance of dosage levels in shaping observed
behavioral patterns.

Figure 6. Hierarchical cluster analysis of brown trout (S. trutta) larvae and early juveniles exposed
to different concentrations of GO based on the Euclidean distance coefficient and the average
linkage method. Abbreviations: AV—average velocity (cm s−1), TDM—total distance moved (cm),
MD—movement (cumulative) duration (%), HR—heart rate (counts/min), GVF—gill ventilation
frequency (counts/min), and NEST—larvae in nests (%).
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3.4. The Effects of Graphene (Nanoflakes) on O. mykiss Larvae
Swimming Activity

Prolonged exposure of rainbow trout (O. mykiss) larvae to graphene (nanoflakes)
at a concentration of 4.0 mg L−1 for 23 days did not reveal any significant interaction
between time and treatment, as illustrated in Figure 7. A notable variability in individual
responses was observed with an increasing duration of exposure. Nevertheless, when
assessing variations in responses during specific observational timeframes, t-independent
test analysis revealed significant differences in larval swimming activity, as indicated in
Figure 8.

The presence of graphene nanoflakes resulted in noticeable behavioral changes on
the 20th day of the exposure period, characterized by an increase in total distance moved
(t-test = −3.27, p = 0.002; Figure 8A), average velocity (t-test = −3.38; p = 0.002; Figure 8B),
movement (cumulative) duration (t-test = −2.44; p = 0.021; Figure 8C), as well as changes
in activity within the arena following larvae exposure in a group, where activity was
determined to be significantly increased (t-test= −2.19; p = 0.044; Figure 8D). Furthermore,
it should be noted that during long-term exposure to graphene, larval activity significantly
increased over development, contributing to the observed high variation in responses.

Figure 7. Total distance moved (cm) (A), average velocity (cm s−1) (B), movement (cumulative)
duration (%) (C) (mean ± SEM, raw data, n = 15), and activity within arena (%) (D) (mean ± SEM,
n = 9 repl.) of rainbow trout (O. mykiss) larvae after selected time intervals (16, 20, and 23 days) of
exposure to graphene (nanoflakes) at a concentration of 4.0 mg L−1.
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Figure 8. Total distance moved (cm) (A), average velocity (cm s−1) (B), movement (cumulative)
duration (%) (C) (median with range, raw data, n = 15), and activity within arena (%) (D) (median
with range, raw data, n = 9 repl.) of rainbow trout (O. mykiss) larvae following 16, 20, and 23 days
of exposure to graphene (nanoflakes) at a concentration of 4.0 mg L−1. Asterisks denote significant
differences between treatments compared to the control level at significance levels of p < 0.05 (*) and
<0.01 (**).

4. Discussion

This study aimed to investigate the impact of short-term (up to 96 h) and long-term
(up to 23 days) exposure to graphene, in the form of nanoflakes, and its oxidized variant,
graphene oxide (GO), on the early developmental stages and juveniles of two common
salmonid species: brown trout (S. trutta) and laboratory-reared rainbow trout (O. mykiss).
This research aimed to assess the effects of these carbon nanomaterials at both physiological
and whole-organismal levels, providing a deeper understanding of the early life behavioral
traits of freshwater fish that could impact their survival rates.

In the present study, exposure of S. trutta larvae to GO resulted in a reduction in nesting
activity by 11–23%. Ordinarily, after hatching, larvae exhibit a natural behavioral trait of
forming nests, driven by an instinct to grow in gravel spawning nests for protection. When
fish experience stress, their natural response is to avoid and escape, leading to a lack of nest-
building and, consequently, a decreased likelihood of survival. In addition to avoidance,
alternative mechanisms may be implicated, such as the secretion of epidermal mucus as
a defense against adverse environmental conditions and the uptake of nanoparticles [32].
In our long-term exposure study, we observed a significant increase (up to 3.3-fold) in the
swimming activity endpoints of O. mykiss larvae when exposed to graphene nanoflakes. As
swimming behaviors are closely linked to their cardiorespiratory systems, playing a crucial
role in efficient oxygen uptake [33], it was noted that cardiorespiratory functions were also
impacted by GO in S. trutta larvae, particularly at the highest tested concentration.

Despite the significant interest among scientists in carbon nanomaterials, toxicity tests
have primarily focused on a variety of model organisms, with particular attention given
to zebrafish (Danio rerio) during their early life stages. These studies aimed to explore
the negative effects of graphene-based nanomaterials on physiology, histopathology, and
behavioral patterns of the whole organism [19,34,35]. The impact of graphene derivatives
on the swimming performance of both fish larvae and adult fish has been demonstrated
to exhibit diverse effects, including increased or decreased activity, abnormal swimming
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patterns, and, in some cases, no discernible effects. Due to the adverse impact of graphene
derivatives on fish behavior, several studies have proposed a potential association between
these carbon nanomaterials and developmental neurotoxicity as well as immunotoxicity
during the early developmental stages [9,14,30,36]. Moreover, changes in fish swimming
activity have been associated with variations in acetylcholine esterase and cortisol levels
following treatment with the oxidized form of graphene. This impact was determined in
zebrafish larvae exposed to relatively low concentrations (0.1 and 1.0 mg L−1), similar to our
lowest tested concentration [34]. Furthermore, the accumulation of graphene nanoparticles
in the area of the head has been identified as a factor causing cellular damage in the brain,
leading to degeneration and the production of autophagosomes, ultimately influencing
behavior [30]. The available evidence suggests that the effects seen in fish are largely
contingent on the duration of exposure, with a direct correlation to the dose and lateral size
of these carbon compounds [15]. Despite various mechanisms proposed to explain changes
in the behavior of fish larvae linked to the mode of action of graphene oxide, research on
these nanoparticles neurotoxic effects is being extensively investigated.

Numerous investigations have primarily concentrated on evaluating developmental
neurodegeneration and immune system damage caused by GO, with a primary focus on
zebrafish embryos. However, it is crucial to consider and investigate the impact of GO
on later developmental stages of fish. Early life fish juveniles are known to be sensitive,
particularly salmonids, similar to larvae, to adverse environmental changes, including
water pollution with nanocarbons. In addition to studying fish larvae, we explored the
effects of GO on S. trutta juveniles at the age of 0+. Our study observed that S. trutta
juveniles exposed to GO particles exhibited a substantial increase in swimming activity by
54–72% within first two hours, resembling the effects observed in O. mykiss larvae during
long-term exposure. The adverse effects of GO on fish can be attributed to the mechanical
harm inflicted on specific tissues and organs tailored to fish.

In the early stages of development, fish gills, being delicate organs and the primary point
of entry for noxious substances, are susceptible to damage even in minimal concentrations.
Graphene-based nanomaterials (GBNs) can cause irritation and damage to the gills by inter-
acting with their branchial membrane or mucoproteins. This interaction may lead to acute
gill irritation and a prompt avoidance response in fish, especially during the initial hours
of exposure [37]. Consistent with the findings of a previous study [13], necrotic cell areas
were identified in the gill tissues of zebrafish exposed to GO concentrations (10–20 mg L−1,
respectively), mirroring the concentrations investigated in our research. On the other hand,
some authors have suggested that hyperactivity might be related to the particles themselves,
as particle aggregates form over time. Fish might chase these aggregates, which could be
considered a feeding behavior [38]. Consequently, the potential effects of GO may be linked to
particle size, exposure duration, and the underlying processes of the harmful action of these
chemicals on specific target organs. These effects depend on the fish’s stage of development
and may result in diverse biological responses, including those at a whole-organismal level.
Despite numerous approaches to explaining alterations in the behavior of fish embryos and
larvae attributed to the mode of action of graphene-based nanomaterials (GBNs), this area of
research is still ongoing.

Existing limitations in GBN extraction from water and sediments impede precise
assessments in aquatic environments. For a thorough prediction of GBNs’ adverse ef-
fects, future studies should consider nanomaterial type, characteristics, water behavior,
potential concentrations, and various environmental abiotic factors influencing aquatic
life. Analysis of the literature suggests environmental concentrations of various carbon
nanomaterials may range from 0.1 up to 1000 μg L−1 [17,39], serving as an initial point
for nanocarbon ecotoxicological analysis. As nanomaterial production advances across
scientific domains, concentrations are likely to increase, underscoring the necessity for
comprehensive studies on GBNs’ toxicity across diverse environmental contexts for both
aquatic and terrestrial species.
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5. Conclusions

This study examined the effects of two common carbon nanomaterials, graphene
(nanoflakes) and its oxidized form, graphene oxide (GO), on early life salmonids (S. trutta,
O. mykiss). The investigation explored both short- (up to 96 h) and long-term (up to
23 days) impacts on fish nesting behavior, combined with cardiorespiratory responses,
and swimming performance. The results revealed that a short-term exposure to GO
significantly influenced the behavioral responses of S. trutta larvae, causing an 11–23%
reduction in nesting activity and a 54–72% increase in swimming activity among fish
juveniles. Examination of cardiorespiratory endpoints in S. trutta juveniles showed a 9%
decrease in gill ventilation frequency of larvae indicating physiological changes. Notably,
graphene (nanoflakes) had a prolonged impact on O. mykiss larvae, leading to an increased
level of fish swimming activity over a 20-day exposure period. The study concluded that
GO exhibits concentration-dependent effects on the studied fish.

This study shows that studied carbon nanomaterials significantly affect fish nesting
and swimming behavior in early development, potentially impacting population dynamics
and individual survival in their natural habitats. Additional research is essential to grasp
the safety profile of various carbon nanomaterials and their potential toxicity for diverse
organisms. This includes a broader examination of biological responses in conjunction with
the dynamic nature of the environment.
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24. Makaras, T.; Jurgelėnė, Ž.; Pakštas, V.; Šemčuk, S. Interacting effects of graphene oxide derivatives and trace metals on freshwater
brown trout (Salmo trutta L.) behaviour at different stages of development. ASC Environ. Sci. Nano 2023, 10, 2172–2184. [CrossRef]

25. Claramunt, S.; Varea, A.; López-Díaz, D.; Velázquez, M.M.; Cornet, A.; Cirera, A. The importance of interbands on the
interpretation of the Raman spectrum of graphene oxide. J. Phys. Chem. C 2015, 119, 18. [CrossRef]

26. Krishnamoorthy, K.; Veerapandian, M.; Yun, K.; Kim, S.J. The chemical and structural analysis of graphene oxide with different
degrees of oxidation. Carbon 2013, 53, 38–49. [CrossRef]
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Abstract: The monitoring of contaminants in fish species is pivotal for fishes’ health and reproduction,
as well as for human health. In the specific work, three major categories of contaminants, pesticides,
pharmaceuticals, and macro and trace elements, were investigated in two major fish species, Di-
centrarchus labrax and Solea solea, collected from Thermaikos Gulf, in Greece. To achieve this goal,
three analytical methods using LC-MS/MS, GC-MS/MS, and ICP-MS were developed, validated,
and applied to the collected fish samples. The results indicated a very low prevalence of caffeine
and acetaminophen, both not exceeding 3.8 μg/kg fish. Similarly, thiabendazole, cypermethrin,
and tricyclazole (pesticides) were found in a concentration range of 0.9 to 13.7 μg/kg fish, while
in one D. labrax sample, traces of the metabolite of organochlorine pesticide DDT, o,p’-DDE were
detected. Al, Mn, Fe, Zn, and Sr were the predominant trace elements in a concentration range
of 500–20,000 μg/kg fish. Macro elements levels varied from 280 to 5405 mg/kg fish. Health risk
assessment did not unveil an unacceptable risk for the human health of adults, apart from one sample
presenting Hg above the regulatory levels. On the contrary, for children, the calculated hazard
quotient values for Hg in all cases and for two As detections were higher than the threshold value of
1, indicating a potential risk.

Keywords: fish; pesticides; pharmaceuticals; heavy metals; Mediterranean; liquid chromatography;
gas chromatography; inductive coupled plasma; mass spectrometry

1. Introduction

Marine pollution has gained scientific interest over the last decades, as the presence
of pollutants agitates the natural balance of the ecosystems and may pose a threat to the
environment and to human health. Coastal areas, including estuarine, bays, and gulfs, are
considered to be more vulnerable to the accumulation of pollutants, since they are heavily
impacted by both natural and anthropogenic activities [1]. The European Union’s Marine
Strategy Framework Directive (MSFD) has set a clear framework for the maintenance of
proper marine environmental status, embracing quality descriptors such as biodiversity sta-
tus and contaminant levels in fish [2]. In this context, the investigation of chemicals (such as
pharmaceuticals) in the marine environment has long been an objective of many studies and
was reviewed recently [3], with compounds such as acetaminophen and ibuprofen holding
a main position among the analgesic compounds and non-steroidal anti-inflammatory
drugs, respectively, frequently found in seawater, including the Mediterranean Sea, with
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relatively high concentrations [4,5]. Similarly, heavy metals and pesticides are also at the
forefront, with the described undesired health effects on fish commodities and aquatic
organisms in broader sense [6–10] included in marine monitoring schemes [11–13].

Thermaikos Gulf is a semi-closed shallow gulf in the northwestern Aegean Sea, char-
acterized by intense activities taking place in its coastal area. Thermaikos Gulf is the
recipient of the input of four rivers (Axios, Aliakmon, Gallikos and Loudias) and two
municipal wastewater treatment plants of Thessaloniki. Additional pressure received by
the discharges of industrial, agricultural, marine, and aquaculture activities occurring at
the coastline of the gulf, makes the latter a reservoir of pollutants. The elevated chemical
burden in the marine and coastal environment of the Gulf yields effects on both marine
ecosystem and humans [14]. Since fishing and mussel farming are economic drivers for the
coastal cities of Thermaikos (from Thessaloniki to Larissa) [15], the required balance be-
tween such activities and ecological and socioeconomic targets should not be disregarded,
and is usually safeguarded by marine spatial plans [16]. Considering that Thermaikos Gulf
is one of the major fishing grounds of Greece and this part of Mediterranean [14,17–19], the
occurrence of potentially toxic chemicals in aquatic organisms can provoke great health
risks to the consumers.

According to the literature, many undesirable substances, such as pesticides, phar-
maceuticals, and heavy metals, are absorbed and finally accumulate in the marine organ-
isms [20,21]. Due to the toxicity of these pollutants, their presence in fish is of critical
significance. However, the available information on organic and inorganic pollutants in
fish from Thermaikos Gulf is still limited, with most of the studies focusing on this area
providing data related to the sediment, algae, and water pollution [22–27].

Identifying the need for control strategies and continuous monitoring of pollutants in
aquatic organisms in Thermaikos Gulf, in the present study, we elaborate the detection of
several organic and inorganic pollutants in the euraline fish species, Dicentrarchus labrax (D.
labrax, European seabass) and Solea solea (S. solea, common sole). In particular, 286 chemicals,
including pesticides, pharmaceuticals, trace, and macro elements, were incorporated into
the analytical methods to investigate the occurrence of the former and further evaluate
the impact of the pressure upon the Thermaikos ecosystem. The potential risk to human
health posed by the most hazardous compounds or elements detected was also assessed
and discussed. Overall, the herein concurrent application of several multi-analyte methods
covering a broad range of chemicals in marine organisms is of high significance due to
the global need for the generation of contaminants data that, to an extent, portray the
contaminants’ burden on the sampled area and in parallel feed health risk assessments.

2. Materials and Methods

2.1. Samples

Fish samples of D. labrax and S. solea [28] were collected from the internal part of
Thermaikos Gulf (in proximity to the coastal line of Thessaloniki, see Figure 1) in the
areas of Perea, Aggelochori, and Epanomi during spring 2021 following a well-established
protocol [29] and were placed into distinct resealable bags with a label declaring pertinent
information (e.g., date, time, site, species). Since samples treatment/dissection was not
possible within 24 h, samples were frozen at −20 ◦C. Prior to chemical analysis, samples
were unfrozen, and the whole fish was homogenized.
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Perea 

Aggelochori 

Epanomi 

Figure 1. Map of sampling points (photo retrieved from Google Maps).

2.2. Chemicals, Materials, and Standard Solutions

Some of the chemicals used for the analysis of pesticide residues were previously
reported in other published works from our group [30–33]. Enhanced matrix removal
(EMR)-lipid clean-up dispersive SPE (dSPE) was purchased from Agilent Technologies.
The mass-labeled internal standards, carbendazim D3, imidacloprid-D4, dimethoate-D6,
and chlropyrifos-D10 were used for the quantification of the compounds measured with
LC-ESI-MS/MS, and they were purchased from Sigma Aldrich (Seelze, Germany). Triph-
enyl phosphate (TPP) and dichlorvos-D6 were used in the GC-MS/MS analysis, and were
acquired from Sigma-Aldrich (Seelze, Germany). The overall analytical scope covered
approximately 250 pesticides (see Table S1 for the analytes included). In total, 4 Antibi-
otics and 6 pharmaceuticals were selected to be monitored, taking into consideration
the prevalence of such compounds in wastewater and the marine environment in gen-
eral, including the Mediterranean Sea [4,11,34]. Chemicals included were acetaminophen,
amoxicillin, azithromycin, atorvastatin, caffeine, cefuroxime, clarithromycin, ibuprofen,
ramipril, and venlafaxine. All analytical standards were obtained from Sigma Aldrich
(Seelze, Germany) and were of a purity >99%. Distinct stock solutions at 1000 μg/mL were
prepared in organic solvent (MeOH for the LC-ESI-MS/MS, and acetone or acetonitrile for
GC-MS/MS), and intermediate/working solutions were prepared by appropriate dilutions
in respective solvents.

Twenty seven (27) elements were determined and quantified by using a standard
mix of 25 chemical elements (Al, Ba, B, Cu, Fe, Sr, Zn, Be, Cr, Co, Li, Mn, Mo, Ni, Ti, V,
Sb, As, Cd, Pb, Se, Ag, Tl, Sn, and U in HNO3 5%) and standards solutions of individual
elements (Hg in 10% HNO3, P in 0,05% H2SO4, Mg, and Ca in 2% HNO3), purchased from
CPAchem (Stara Zagora, Bulgaria). Internal standards: individual solutions of Lithium
(6Li), Scandium (Sc), Germanium (Ge), Ytrium (Y), Indium (In), Terbium (Tb), and Iridium
(Ir), and a standard solution/mixture of 25 element components (Al, Be, Co, Li, Se, Sn, Zn,
Sb, B, Cu, Mn, Ag, Ti, As, Cd, Fe, Mo, Sr, U, Ba, Cr, Pb, Ni, Tl, and V in HNO3 5%) were
used for the preparation of quality assurance (QC) standard and were also provided by
CPAchem (Stara Zagora, Bulgaria). The European Reference Material, ERM®-BB422 fish
muscle, was obtained from the Joint Research Centre (JRC) of the European Commission
(Certified Reference Material (CRM), fish muscle fortified with 14 elements at known
concentration, JRC, Institute for Reference Materials and Measurements, Geel, Belgium).
Speciation analysis for As and Cr (both organic and inorganic forms) was not performed
during this study. Nitric acid (HNO3) 67–69% w/w and hydrogen peroxide (H2O2) 30%

53



J. Xenobiot. 2024, 14

w/w (trace metal grade) were all purchased from Seastar Chemicals Inc. (Sidney, Canada).
Ultrapure water from an ultrapure Milli-Q water system (Burlington, MA, USA) was also
used for the dilution of all the solutions.

2.3. Sample Preparation
2.3.1. Pesticide Residues and Pharmaceuticals Analysis

Blank fish samples of both fish types (of organic fish farming) were obtained from the
market, since, to our knowledge, a CRM-negative fish tissue was not available (taking into
account all classes of chemicals screened in this work). The samples were homogenized
in their totality and used to validate the analytical methods. Prior to the validation of the
methods, the samples underwent sample preparation to verify the absence of the chemicals
studied herein. Since no significant difference in terms of matrix interferences between the
two types of fish was obtained, only one was used for thorough validation trials.

The sample preparation for the determination and quantification of pesticides and
pharmaceuticals was based on a previous work from our team [30], applying some mod-
ifications proposed in the literature concerning the more efficient removal of lipids in
lipid-rich matrices [35,36]. More specifically, homogenized fish (2 g whole fish) were placed
inside a falcon tube (50 mL) and spiked with six internal standards, carbendazim-D3,
imidachloprid-D4, dimethoate-D6, dichlorvos-D6, chlorpyriphos-D10, and TPP at a con-
centration of 50 ng/g. Then, ACN (10 mL), MgSO4 (2 g), and 1 g sodium acetate were
introduced sequentially, and the tube was vigorously hand-shaken for 1 min and vortex-
mixed for 3 min to achieve homogenization. Consequently, the mixture was centrifuged
for 10 min at 4500 rpm (Hettich Zentrifugen, UNIVERSAL 32R, Tuttlingen, Germany) with
a stable temperature of 10 ◦C. The upper layer was transferred to another falcon tube
(15 mL), where EMR lipid agent (500 mg) and 3 mL H2O were placed. The mixture was
vortex-mixed for 1.5 min and centrifuged for 5 min at 4500 rpm and 10 ◦C. The super-
natant was divided into two parts, and both aliquots were evaporated to dryness using
a N2 stream at 35 ◦C. Consequently, the dried extracts were reconstituted with 1 mL of a
75:25 (v/v) MeOH:H2O and 1 mL of pure acetone and injected into the LC-MS/MS and
GC-MS/MS system, respectively (before injection filtering through a PTFE filter (0.22 μm)
was performed). Considering the acceptable recoveries obtained during method validation
and to reduce the analysis cost, additional internal standards of the pharmaceuticals were
not acquired.

2.3.2. Trace and Macro Elements Analysis

For the analysis of trace and macro elements in fish samples, 0.5 g of every homog-
enized fish sample was weighed and placed into a microwave oven vessel (ETHOS UP,
Milestone) for digestion. HNO3 (9 mL) and H2O2 (1 mL) were added in each vessel, and the
samples were further digested under 210 ◦C and 1800 W for 35 min. The vessels were then
cooled to less than 40 ◦C, and the digestion solution was transferred to a clean container.
Ultrapure water was added until a final volume of 100 mL. All the labware and the vessels
were acid-washed (immersion into a diluted HNO3 0.05% with ultrapure water) for 24 h
and then washed several times with ultrapure water. Then, they were dried in a clean hood
at room temperature.

2.4. Instrumental Analysis
2.4.1. Liquid Chromatography Electron Spray Ionization Tandem Mass
Spectrometry (LC-ESI-MS/MS)

An Agilent triple quadrupole (6410B, QQQ) system was used for the analysis of the
samples and the detection of pesticide residues. The LC was equipped with a C18 column,
and the chromatographic gradient started from 80% mobile phase A (% 5 mM ammonium
formate in H2O, 0.1% formic acid) to 100% mobile phase B (5 mM ammonium formate in
MeOH) in 30 min. An injection volume of 20 μL was applied, while the flow rate was set at
0.28 mL/min. Results were also corroborated in an additional triple quadrupole system,
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namely a triple Quad LC/MS system (Shimadzu LCMS-8060 NX, Kyoto, Japan), using the
same conditions described above, considering the enhanced performance of this system in
terms of sensitivity for some of the analytes (i.e., tricyclazole and ibuprofen).

2.4.2. Gas Chromatography Tandem Mass Spectrometry (GC-MS/MS)

The GC-MS/MS analysis of the samples was performed on a Shimadzu triple quadrupole
mass spectrometer GCMS-TQ8040NX composed of a GC-2030 gas chromatograph. The
GC system was equipped with an autosampler AOC-6000 (CTC Analytics) and a 10 μL
syringe. The capillary column used for the chromatographic separation was the MEGA-5
HT (30 m × 0.25 mm × 0.25 μm) (MEGA S.r.l., Legnano, Italy), and the chromatographic
gradient applied was the following: initial oven temperature of 50 ◦C for 1 min, increase in
T until 125 ◦C at a rate of 25 ◦C/min, and finally reach of 300 ◦C at a rate of 10 ◦C/min.
The analyses in MS/MS were performed in multiple reaction monitoring (MRM) mode.

2.4.3. Inductive Coupled Plasma Mass Spectrometry (ICP-MS)

The ICP-MS analysis was performed on a Thermo iCAP-RQ equipped with an ASX-
280 autosampler, as previously described in detail [37]. Briefly, the instrument used a Ni
sample and skimmer cones, a Quartz cyclonic spray chamber, and a MicroMist U-Series
Nebulizer (0.4 mL/min with PEEK connector). The flow of the nebulizer gas and the cool
gas was approximately 1 L/min (autotune dependent) and 14 L/min, respectively. Prior
to the analysis, the system was equilibrated, and a performance report in KED mode was
performed. In this context, the analysis was conducted with high sensitivity and stability,
while the occurrence of interferences and doubly charged ions was minimized.

2.5. Quantification and Quality Assurance
2.5.1. Pesticide Residues

The two multiresidue methods of LC-ESI-MS/MS and GC-MS/MS were validated
based on the SANTE Guidance Document on analytical quality control and method vali-
dation procedures for pesticide residues analysis in food and feed [38]. The method limit
of quantification (LOQ) for pesticides was established as the lowest fortification level that
provided sufficient accuracy and precision. The LOQ and recovery values for each active
substance are presented in Table S1. Three control samples were analyzed in every sequence
of samples, and no pesticide residues or their metabolites were detected in any of them.
All validation metrics, such as selectivity, working concentration range and linearity, LOQ,
precision, and accuracy, were determined following the steps described in the SANTE
guidance document.

2.5.2. Pharmaceuticals

For pharmaceuticals, method validation was also based on the SANTE document [38].
Yet, the limits of detection LODs and LOQs were estimated from the analyte signals
observed after LC-ESI-MS/MS analysis of fortified fish samples, as the concentration that
provided a signal-to-noise ratio of 3 in the case of the LOD and 10 in the case of the LOQ
(presented in Table S2). The linearity was evaluated through seven calibration points,
namely 1, 5, 10, 20, 50, 100, and 200 ng/mL, and considered acceptable when the regression
coefficient (R2) was above 0.99. MRM conditions, including collision energies applied
and RT for each pharmaceutical, are illustrated in Table S3. For both pharmaceuticals
and pesticides, quantification was conducted with external standard calibration using
matrix-matched calibration curves.

2.5.3. Trace and Macro Elements

Solvent calibration curves covering concentrations from 0.1 to 1000 μg/Kg and from
0.1 to 200 mg/Kg were prepared for the quantification of trace elements (Al, Ti, V, Cr,
Mn, Fe, Co, Ni, Cu, Zn, As, Se, Sr, Mo, Ag, Cd, Sn, Sb, Ba, Tl, Pb, Hg, and U) and macro
elements (Mg, P, K, and Ca), respectively. The regression coefficient (r2) was greater than
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0.995 for all the calibration curves, while seven internal standards (6Li, Sc, Ge, Y, In, Tb, and
Ir) were added to all unknown samples and calibration standards at a constant rate. The
limits of quantification (LOQ) values and the quantification parameters for each element
are presented in Table S4. Two quality control (QC) standards solutions of macro and
trace elements were analyzed in every batch of samples, monitoring the repeatability of
the analytical method. The recovery of the two QC standards ranged between 80–120%
in all the samples. In addition, blank reagents, spiked samples, and ERM were analyzed
following the same procedure as the unknown samples and measured in every sequence
to control the background contamination and the accuracy of the method. Moreover, one
additional isotope was measured when possible to avoid spectral interferences. To compare
the metal concentrations between the two fish species, a one-way analysis of variance
(ANOVA) was conducted. The two fish species were set up as the independent variable
and the metal concentration was set up as the dependent variable. This allowed us to
evaluate whether there were significant differences in metal concentrations between the
two species.

2.6. Health Risk Assessment

The risk on human health posed by each compound and element detected in the
analyzed fish samples was assessed based on the Hazard Quotient (HQ) and Hazard Index
(HI) approach [39]. For the calculation of the HQ, the following equations were applied:

HQ =
ADD
TDI

(1)

ADD = C × IR
BW

(2)

where:
ADD: average daily intake (μg/Kg bw/d).
TDI: the tolerable daily intake (μg/Kg bw/d) set by European Food Safety Authority

(EFSA) and open literature.
C: the mean of each compound or element concentration detected in fish (μg/Kg).
IR: the daily fish consumption rate (Kg/person/d) for Greece (fish: 0.056 Kg/inhabitant/

day, [40]).
BW: the mean body weight (70 Kg for adults and 15 Kg for children).
For the estimation of the cumulative health risk, the Hazard Index approach (HI,

unitless) was applied (Equation (3)). More specifically, the hypothesis of dose additivity
was calculated by summarizing the individual HQ values.

HI = ∑ HQs = HQ1 + HQ2 + HQ3 + · · ·+ HQn (3)

2.7. In Silico Calculations

Nexus software (version 2.5.1, Lhasa Limited) and Derek Nexus software (version
6.2.0, Lhasa Limited) were used for the in silico approach to corroborate the findings on
pharmaceuticals and their relation to health risk assessment. More specifically, more than
60 endpoints were selected, including carcinogenicity, cardiotoxicity, developmental toxic-
ity, hepatotoxicity, neurotoxicity, and teratogenicity. Concerning species, both mammals
and bacterium were regarded. For each compound, structural details exemplified by LogP,
LogKp, exact, and average molecular mass were considered, while tautomers and mixtures
(for the same compound) were also deemed in computations. The Derek KB 2022 1.0
knowledge base was used to retrieve toxicological information.

3. Results

3.1. Analytical Methods Validation

The fortification experiments resulted in acceptable recoveries for all analytes in the
range of 64–117% (see Table S1 for pesticides and Table S2 for pharmaceuticals). Linearity
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was acceptable with regression coefficients (R2) values >0.99 (with the exception of paclobu-
tazole and diphenylamine, where R2 were 0.9889 and 0.9881, respectively) accompanied
by acceptable residual values. Since a CRM-negative fish tissue sample was not obtained
(see Section 2.3.1), focus was given to the assessment of blanks used in this study. The
blank extracts were injected into the analytical instruments, and the analytical signal of all
analytes was assessed. In limited cases (carbendazim, cyfluthrin, hexaconazole, fenazaquin,
oxamyl, mepanipyrim, malathion, fenthion, pymethrozine, pyrazophos, and ramipril),
detection of analytes in blank samples was in the range of <LOD to LOQ/4. Therefore, the
subtraction of analyte concentration in blank extracts was not deemed necessary. Lastly,
the measured concentrations of elements in ERM®-BB422 fish muscle were in agreement
with the assigned values.

3.2. Levels of Pesticide Residues in Fish Samples from Thermaikos Gulf

Eight out of ten samples were devoid of pesticide residues. Surprisingly, in one S. solea
sample, thiabendazole was quantified at 13.7 μg/Kg fish, which is considered a relatively
high concentration to be detected in fish collected from the open sea. Thiabendazole has
been reported in South African freshwater impoundment [41], although in the same study,
thiabendazole residues were not obtained in fish tissues. Similarly, in Spain, thiabendazole
was reported as being among the compounds with the highest concentrations in river
water, although not among the most frequently detected [42]. Another azole-type molecule,
tricyclazole, was detected in the same sample, but at a lower concentration (at 0.9 μg/Kg
fish). On the other hand, cypermethrin was quantified in one sample of D. labrax at
8.7 μg/Kg fish (see Figure 2). To our knowledge, for the abovementioned compounds, no
MRLs are established in fish commodities by the European Union [43]. Expanding the
comparison of findings with the Codex Alimentarius International Food Standard, US-EPA
tolerances, and Australian MRLs, similar conclusions were derived, since respective limits
in fish are also not established [44–46]. Traces of o,p’-DDE (in proximity to the LOD of the
method at 0.15 μg/Kg) were detected in one D. labrax sample (see Figure S1c).

 
Figure 2. MRM chromatograms of cypermethrin (as a sum of cis and trans diastereomers) in a
positive sample.

3.3. Levels of Pharmaceuticals in Fish Samples from Thermaikos Gulf

Low prevalence of the selected pharmaceuticals was obtained in the specific work.
More specifically, the most prevalent pharmaceutical was caffeine, detected in three samples
(two D. labrax samples and one S. solea sample; for indicative chromatogram, see Figure 3,
while for blank and spiked samples, see Figure S2a and b, respectively) in the range of
2.3–3.8 μg/Kg fish. In the same context, acetaminophen was quantified in one sample (S.
solea) at 1.5 μg/Kg fish. Concomitant detections of pharmaceuticals and pesticides occurred
only in one sample (cypermethrin and caffeine in the D. labrax sample).
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Figure 3. MRM chromatograms of caffeine in a positive sample.

For both caffeine and acetaminophen, no MRL was established in foodstuffs of animal
origin. Traces of ibuprofen (at the LOD) were detected in one D. labrax sample (see
Figure S2c).

3.4. Levels of Trace and Macro Elements in Fish Samples from Thermaikos Gulf

The accumulation of 27 trace and macro elements was investigated in two different
species of fish collected from Thermaikos Gulf. The detected concentrations for each
individual element are presented in Tables S4 and S5, while the skewness of the most
abundant trace elements and of macro elements for each species is also illustrated in
Figures 4 and 5, respectively, by displaying the data averages and quartiles. According to
the results, trace and macro elements were detected in all the fish samples (n = 10). The
highest detected concentrations were those of macro elements (Mg, Ca, P, and K), followed
by the trace elements Sr, Fe, Zn, Al, and Mn. In particular, the average concentrations of
macro elements ranged between 324 and 40,670 mg/Kg fish, while the average values
found for the most predominant trace elements in terms of concentration ranged from 2196
to 17,058 μg/Kg fish. On the other hand, the levels of Cd, Sb, U, and Tl were below the LOQ.
The rest of the elements showed intermediate levels compared to the aforementioned ones.

Figure 4. Box plots of the most abundant trace elements (Al, Mn, Fe, Zn, Sr) concentration (μg/Kg)
in D. larbax (n = 5) and S. solea (n = 5) fish samples.
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Figure 5. Box plots of macro elements concentration (mg/Kg) in D. larbax (n = 5) and S. solea (n = 5)
fish samples.

The trace elements, characterized by high toxicity (Pb, Hg, Cd, and total As) were all
detected in low concentrations or were not detected at all (concentrations ranged between
<LOQ to 128 μg/Kg) in both fish species (Figure 6). This was also the case for the elements
that can be both essential and toxic, depending on their oxidation state and concentration
(Ni, Cr, and Cu). More specifically, regarding the three latter elements, their detected values
were below 873 μg/Kg in all the analyzed samples, except for one sample (sample code:
1, D. larbax) that was found to be more contaminated for Ni (Figure 6). With regard to
the established maximum levels of Pb (300 μg/Kg fish), Hg (500 μg/Kg fish), and Cd
(50 μg/Kg fish) in fish [47], no exceedance was observed in the analyzed samples, although
the LOQs for Pb, Hg, and Cd were below the MRLs (see Table S6).

Figure 6. Box plots of toxic elements concentration (μg/Kg) in D. larbax (n = 5) and S. solea (n = 5) fish
samples. Cd concentrations are not included, since they were all below LOQ value.
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By comparing the contamination levels between the two fish species through the appli-
cation of an ANOVA test (p < 0.05), it was observed that the detected concentrations were
of comparable range for all the analytes, except for Cu (p = 0.015846), Mn (p = 3.23 × 10−6),
As (p = 9.85 × 10−3, and Zn (p = 9.92 × 10−4). In particular, S. solea samples were found to
have higher concentrations of Mn, while the detected values of Zn and Cu were elevated
in D. larbax. More specifically, the average concentrations of Mn in S. solea were equal
to 3785 μg/Kg fish, while in D. larbax were 607 μg/Kg fish. The average concentration
of As in S. solea fish (92 μg/Kg) was approximately twice as high as the concentration
detected in D. larbax species (46 μg/Kg fish). The opposite was the case for Zn and Cu
(average concentrations: 8780 and 522 μg/Kg fish, versus 4538 and 176 μg/Kg fish in D.
larbax and S. soela, respectively). However, the limited number (n = 10) of fish samples did
not allow us to draw a solid conclusion, and thus further investigation is needed. S. solea
samples showed higher concentrations for the elements Al, Mn, Fe, Zn, and Sr (range of
mean concentrations between 2.7 and 17 mg/Kg), compared to the rest of the trace analytes
(mean concentrations below 1 mg/Kg). In another study examining minerals in the tissues
of S. solea collected from Thermaikos Gulf, it was found that the highest detected levels
of elements were observed in the gills, the liver, and the scales of the samples, while the
lowest was in their muscle [20]. Since the current fish samples were homogenized, and
their tissues were not separated, a direct comparison with the results presented by Vetsis
and co-workers [20], was not possible.

3.5. Human Health Risk Assessment

Health risk assessment associated with fish consumption and the occurrence of toxic
elements, pesticides, and pharmaceuticals residues was estimated, and the values of ADD
and HQ are presented in Table 1. To calculate the latter, the TDI (μg/kg/d) values used for
all chemicals were retrieved in principle from EFSA and the open literature.

Table 1. Calculated ADD and HQ values for all the detected pesticides, pharmaceuticals, and toxic
elements, considering the worst cases.

ADD (μg/Kg/day) * HQ **

Elements
TDI

(μg/Kg/day)
Concentration

(μg/Kg)
Adults Children Adults Children

Pb 2 [48] 38 0.03 0.14 0.02 0.07

As 0.3 [49] 125 0.10 0.47 0.33 1.56

Cr 3 [50] 796 0.64 2.97 0.21 0.99

Ni 13 [51] 1422 1.14 5.31 0.09 0.41

Hg 0.1 [52] 128 0.10 0.48 1.02 4.76

ADD (μg/Kg/day) HQ

Compounds
TDI

(μg/Kg/day)
Concentration
(μg/Kg fish)

Concentration
(μg/Kg d.w.)

Adults Children Adults Children

Thiabendazole 100 [53] 13.7 68.5 5.48 × 10−2 2.56 × 10−1 5.48 × 10−4 2.56 × 10−3

Cypermethrin 5 [54] 8.7 43.5 3.48 × 10−2 1.62 × 10−1 6.96 × 10−3 3.25 × 10−2

Tricyclazole 50 [55] 0.9 4.5 3.60 × 10−3 1.68 × 10−2 7.20 × 10−5 3.36 × 10−4

Caffeine 2.5 [56] 3.8 19 1.52 × 10−2 7.09 × 10−2 6.08 × 10−3 2.84 × 10−2

Acetaminophen 300 [56] 1.5 7.5 6.00 × 10−3 2.80 × 10−2 2.00 × 10−5 9.33 × 10−5

* ADD: Average daily intake. ** HQ: Hazard quotient.
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For pesticides and pharmaceuticals, concentrations (μg/Kg fish) were converted to
dry weight by multiplying by a factor of 5 [57]. More specifically, the reported HQ values
were computed based on the uppermost detected concentrations (worst-case scenario) of
the toxic elements and compounds quantified in the analyzed samples. In the same context,
the admission of regarding non-edible tissues’, exemplified by the gastrointestinal tract
(a reservoir of chemicals [58,59]), contribution to the detected concentrations was made
(the sampled fishes were not gutted). Taking these into consideration, in almost all cases,
calculated HQ values of elements for adults were below the threshold value of 1, indicating
that the consumption of fish does not pose any risk to adults. The only exception accounted
for one sample for Hg (HQ = 1.02). On the contrary, when children were considered, HQ
values for Hg exceeded the threshold level of 1, which signifies a potential threat. For As in
two cases out of ten, HQ values for total As in samples 7 and 8 were found to exceed the
threshold level (Table S6).

4. Discussion

In view of the above results, differences in concentrations of macro and trace elements
and their patterns have been reported in the literature between benthic, demersal, and
pelagic fishes [60]. Therefore, the etiology of differences in Zn and Mn levels between the
two species can also be attributed to the distinction between S. solea (benthic as juvenile
and adult) and D. labrax (manifests demersal behavior but is more common in shallow
waters [61]) and the difference of marine habitat in association to the depth. In a work
conducted in the Galapagos marine reserve [60], higher levels of Zn were recorded in
pelagic species compared to demersal, which, considering the species collected in this study
and their habitat, is in line with the presented findings. In the same context, concentrations
of heavy metals were reported to be higher in benthic species compared to pelagic ones [62],
possibly due to the proximity of such species to the seabed and the subsequent release and
absorption of metals from the sediment (heavy metals usually display higher concentrations
at sea bottom compared to the surface water [63]). The latter is in agreement with the
presented results for As, in which both the individual and average concentrations in S. solea
samples were higher than the respective ones in D. labrax. For Pb, such a trend was not
observed, while for Cd, all values were <LOQ. Nevertheless, based on the bibliography [64],
observations should be viewed and deciphered with caution, since the bioavailability of
elements is influenced by ecological processes related to specific regions and seasons that
can reverse the expected bioaccumulation potential of elements in fishes.

At this point, it is essential to mention that the random and limited sampling (n =
10) of the fishes investigated in this study should not be used to draw generic conclusions
for the sampled area and fishes and the potential threat to human health. In the same
context, Hg (and methyl mercury, CH3Hg) is a well-debated topic in the frame of risks
and benefits of fish consumption at the forefront of pertinent authorities such as EFSA [65].
As is an element of toxicological concern, with several inorganic forms that are highly
soluble in water exhibiting substantial mobility [66], and with numerous sources [67] such
as geothermal volcanic activities [68,69], metal mining [70], and other arsenic-generated
waste [71]. For Greece in particular, in the islands of the Aegean Sea, there is still active
mining and volcanic activity, which, along with the mobility of seawater and capacity to
transfer chemicals in large distances, can justify the occurrence and subsequent accumula-
tion of As and other metals in fish tissues [69,72]. In the same context, the topical release of
contaminants by ships due to the unintentional release of waste (that contains As and other
pollutants) during transportation is also reported, and can be another source of pollution.
Nevertheless, the number of analyzed samples is limited, and thus, a more extended study
is recommended for a more reliable outcome of risk assessment to be drawn and to better
portray the residual prevalence of the sampled area. From the health risk assessment per-
spective, the inclusion of non-edible tissues in the sample preparation might have impacted
the reported concentrations (and findings), especially considering the gastrointestinal tract
content known to accumulate chemicals. Nevertheless, this source of uncertainty seems to
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be “considered” when viewed in the context of a worst-case scenario and the likelihood of
slightly elevated concentrations’ insertion in risk assessment calculations.

Computational toxicology and in silico calculations can be a valuable tool in the con-
text of standard approaches used in toxicity prediction, mechanistic rationale, and health
risk assessment. Perin and colleagues used a similar approach in the assessment of organic
compounds detected in surface water [73]. In the present work, and in the context of
demonstrating the importance of in silico toxicity evaluation, using the Derek Nexus in
silico tool for both acetaminophen and caffeine, an informative overview of the potentially
toxic effects of those compounds was achieved, which can be partially contrasted and dis-
cussed with the concentration found in fish samples. Among the 62 endpoints investigated
via the in silico tool, 54 did not result in any alarming effect at the selected reasoning level.
Exact matches for acetaminophen were reported for two endpoints. Acetaminophen has
been implicated (as a potential causative agent) in hepatotoxicity effects after long-term
use and intentional dosing by ingestion (i.e., >4 g/day, as maximum dose advocated on
the package) [74]. Even though they are not directly comparable (administered levels
of pharmaceuticals in contrast to traces detected in fish commodity), the herein detected
levels for both compounds are far below the concentrations reported; therefore, realistic
consumption of such fish will possibly not lead to an uptake of such high concentrations.
Overall, the in silico toxicity tool adds another evidence to the outcome corroborated in the
HQ calculations.

5. Conclusions

A battery of analytical methods covering more than 280 chemicals exemplified by
pesticides, pharmaceuticals, and macro and trace elements was applied to fish samples
collected from Thermaikos Gulf, one of the major fishing grounds in Greece. The low
prevalence of pesticides and pharmaceuticals was corroborated, with overall concentrations
not exceeding 14 μg/Kg fish. The latter signifies that despite the intensive agricultural
and industrial activity in the extended coastal area of Thermaikos Gulf, the chemical
concentrations still remain low. As a general observation, we underline that the results
from a human health risk assessment perspective are of particular importance due to the
presence of some heavy metals, considering the potential threat that may pose to children
after the long-term consumption of fish. However, in no case these results can be used for
actual and reliable risk–benefit analysis of fish consumption for human health due to the
very limited number of samples and lack of any systematic monitoring methodology. Future
steps include the extended sampling of fish species, the incorporation of CRM negative
control fish tissue samples that will strengthen the validation of the analytical methods
and decrease analytical uncertainty, further extension of the analytical scope to pesticides
and pharmaceuticals’ metabolites, the speciation analysis of As and Cr (both inorganic and
organic forms), and the untargeted chemical analysis via high-resolution mass spectrometry
systems to address the totality of pollutants in the specific marine environment.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/jox14020041/s1, Table S1: Analytical scope (pesticides), LOQs
and recoveries (at the LOQ) obtained in fish; Table S2: LODs, LOQs, and recoveries (including
standard deviation, SD) obtained for pharmaceuticals in whole fish; Table S3: MRM conditions
for antibiotics and pharmaceuticals in LC-ESI-MS/MS; Table S4: Concentrations of trace elements
(mg/kg) in each individual fish sample; Table S5: Concentrations of macro elements (mg/kg) in each
individual fish sample; Table S6: Quantification parameters of trace and macro elements; Table S7:
Calculated HQ (adult, children) values for the most toxic elements; Figure S1: MRM chromatograms
of o,p’-DDE traces (in proximity to the LOD) in seabass; Figure S2: MRM chromatograms of caffeine
in: (a) blank fish sample, (b) in spiked fish sample at 5 μg/Kg fish, and (c) MRM chromatogram
(quantitation) of ibuprofen traces (at LOD) in D. labrax.
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Abstract: The present study focused, for the first time, on the adverse effects of nine REEs on the
marine copepod Tigriopus fulvus. For this purpose, copepod mortality, immobilization, and naupliar
development were assessed. Overall, the results demonstrated that all REEs tested exerted significant
adverse effects on T. fulvus, with LC50 values ranging from 0.56 to 1.99 mg/L. Concentration-
dependent increases in mortality and immobilization for all tested REEs were observed. Following
exposure of nauplii to REEs, a significant slowing of nauplii development was shown with all REEs
tested. The results obtained clearly highlight the potential toxicity of REEs, and, in particular, of
Lanthanum, which could have consequences on the survival and development of T. fulvus, affecting
the copepod population.

Keywords: rare earth elements (REEs); potential impact; marine copepod; acute mortality tests

1. Introduction

Technological progress in recent decades have led to an increase in demand for rare
earth elements (REEs). This group of seventeen metals, including Scandium, Yttrium,
and lanthanides, has many extraordinary physico-chemical, catalytic, electrical, magnetic,
and optical properties, making them essential in fields ranging from smart and green
technologies to raw materials for industrial applications [1,2]. In modern technologies such
as mobile phones, televisions, LED light bulbs, and wind turbines, hybrid automobiles,
medical devices, hard drives, and defence technologies, they play a key role [3].

Despite their name, these elements are not ‘rare’ [4], but most of the reserves of these
elements are not economically exploitable and their separation is difficult due to their
similar chemical properties [5]. China currently holds a dominant position in the global
production of REEs (70%), as it has the largest reserves of REEs, followed by the US (14.3%)
and Australia (6%) [6].

REEs occur together in natural systems, as minor or major constituents, rather than as
individual native metals, and sites in mining-impacted areas have been found to contain
REEs at concentrations up to 100 times normal background levels. Therefore, the risks
associated with the extraction and production of REEs concern not only the products but
also the REE-containing wastes generated during production. These wastes increase the
concentration of REEs in the surface environment and have the potential to alter the natural
physico-chemical conditions of the soil and water (e.g., pH and redox states). Acidity
can lead to the solubilization of otherwise stable REE fractions, thereby increasing their
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bioavailability and migration into the environment. As a result, high concentrations of
REEs have been detected in soils, vegetables and other crops, and even in human bodies,
near extraction and processing sites [7–11].

The increased use of REEs combined with their inadequate removal by wastewater
treatment plants increases the risk of these substances entering aquatic
environments [12,13], with consequent potential hazard to aquatic organisms [14,15].
Gadolinium (Gd) concentrations of up to 1100 mg/L have been found in river discharges
from wastewater treatment plants [16], while concentrations of up to 200 ng/L have been
found in unpolluted rivers [17,18]. Lanthanum (La) has been reported at concentrations
from 0.029 to 12.85 μg/L in surface waters and up to 40.37 μg/L in alluvial aquifers affected
by acid mine drainage [19–21]. The concentrations of La and cerium (Ce) in wastewater
range from 7.7 to 80.4 μg/L and from 19.4 to 161 μg/L, respectively [22]. In river water,
La and Ce concentrations are lower than in wastewater, ranging from 19.7 to 74 ng/L and
from 9.67 to 212 ng/L, respectively [22], but on a local basis, they can range from 80 to
200 μg/L, respectively [23].

The understanding of REEs’ mechanisms of action in biological systems is not yet
fully clear [24]. Recent studies have focused on the adverse effects of REEs on aquatic
organisms such as fish and molluscs, demonstrating that REEs can be absorbed and ac-
cumulated in organic tissues [25,26]. This may lead to an increase in reactive oxygen
species (ROS), inhibition of the antioxidant system and damage to the DNA of exposed
aquatic organisms [27,28]. Most extant research has investigated the toxicity of few REEs
(e.g., Gd, La, Ce) on freshwater organisms [24,29–31]. So far, data on the REEs’ toxicity
effects on marine organisms are still limited, mostly derived from acute and chronic toxicity
testing on bivalve molluscs, sea urchins, and unicellular algae [32–37]. Given the increasing
use of REEs and their presence in the environment, especially in rivers and coastal areas,
there is a need to monitor their potential effects on living biota, including bioassays on
model organisms.

The harpacticoid copepod Tigriopus fulvus is a commonly used model organism for
acute toxicity testing due to its ease of breeding in the laboratory and its year-round
availability. It has a high sensitivity to a wide range of toxicants and the results of the
related tests are reproducible [38].

The aim of this work was to give insight into the potential toxicity of nine REEs:
scandium (Sc), yttrium (Y), lanthanum, (La), cerium (Ce), neodymium (Nd), gadolinium
(Gd), dysprosium (Dy), holmium (Ho), and erbium (Er) on the marine copepod T. fulvus.
Comparisons between the toxicity of the nine elements and their effects on mortality,
immobility, and naupliar development were assessed.

2. Materials and Methods

2.1. Preparation of Test Medium, Rare Earth Elements (REE)

Test solutions were freshly prepared before each experiment by diluting commercial
analytical grade standard solutions (1 g L−1) of Nd, Ho, Er, Dy, Sc, Y, Ce, La, and Gd
(purity > 99%, Agilent, Italy) to the final exposure concentrations by using filtered natural
seawater (FNSW, 0.22 μm, 38 PSU). Since the initial acid pH of the standard solutions was
outside the tolerance range of the test organism, all pH values of the test solutions were
measured with a pH metre (Mettler Toledo Five Easy, Milan, Italy) and adjusted to 8.0 ± 0.5
using NaOH prior to the assays.

For each REE, seven different test solutions in a geometric nominal concentration
series with a factor of two (0.10, 0.20, 0.40, 0.80, 1.60, 3.20, and 6.40 mg REE/L) were tested.

Actual concentrations were determined by Inductively Coupled plasma mass spec-
trometry (ICP-MS, Aurora Bruker M90, Bremen, Germany) according to an established
protocol [35]. Triplicate analyses were carried out.
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2.2. Experimental Design and Conditions

Test organisms were obtained from a massive culture maintained in filtered natural
seawater (FNSW, 0.45 μm) at a salinity of 38 PSU in a temperature-controlled room at
20 ± 2 ◦C, with cool light (500–1200 lux, Ostram Fluora, L58W/77; Milano, Italy) and a
photoperiod cycle of 16 h light and 8 h dark. Tetramarin® (fish food) was mixed with the
microalgae Tetraselmis suecica and Isochrysis galbana to provide a weekly ad libitum diet for
the copepods.

2.3. Test Procedures

All tests were carried out on newborns (nauplii ≤ 24 h-old) of T. fulvus following
protocols reported by Faraponova et al. [38] and UNICHIM [39], in 12-well culture plates;
each well contained 10 nauplii in 3 mL of test solution and a negative control (with only
FNSW). Three replicates for each concentration and the negative control were performed.
Plates were incubated for 96 h under the same conditions described above for culture
maintenance without feeding.

The organism’s sensitivity and test validity were confirmed by conducting acute tests
with the reference compound copper sulphate (CuSO4 × 5 H2O) (positive control).

During the entire duration of the test, the pH (8.0 ± 1.0), salinity (38.0 ± 1.0), and
oxygen levels (>80% of saturation) of the solutions were checked.

The measured endpoints were mortality, immobility, and number of naupliar moults.
At the end of the tests, the number of dead and immobile nauplii was counted under

a stereomicroscope. When nauplii failed to move any appendages after gentle stimulation
for at least 20 s of observation, they were considered dead. The number of immobile
nauplii was determined by summing the dead nauplii to those still living, not shifting their
barycenter, but moving their appendages.

In addition, the effect of REE on the moulting process of T. fulvus was evaluated. The
number of exuviae (moults) released during the 96 h test was counted. Crystal violet
solution (Sigma-Aldrich, Cas 548-62-9) for microscopy was diluted 1:10 with distilled water.
For each chamber test, a drop was added with a Pasteur pipette, to make the exuviae more
visible under the stereomicroscope. All tests were replicated three times.

2.4. Data Analyses

All results are expressed as the mean ± standard deviation (SD) (n = 3). The median
lethal concentration (LC50) and LC20 and, for immobility, the median effect concentration
EC50 and EC20 with relative 95% confidence intervals (C.I.), were calculated using the
Litchfield–Wilcoxon method. A smooth function was used to fit concentration-response
curves with the GraphPad Prism 8.4.2 programme. The data were examined for normality
and homogeneity of variances by Kolmogorov–Smirnov and Bartlett’s tests. When both
assumptions were satisfied, differences between treatments were assessed via one-way
analysis of variance (ANOVA). The post hoc Tukey’s test was used to account for differences
within groups, setting the statistical significance at p < 0.05. All statistical analyses were
conducted with the package software Past3 (version 1.0; Hammer, Norway).

3. Results and Discussion

3.1. Chemical Data

Table 1 shows the nominal and measured concentrations of the test solutions deter-
mined with the ICP-MS. The ratios of measured to nominal concentrations fell within a
very narrow range from 0.64 to 1.22, highlighting that the nominal concentration values
were always quite close to the measured ones. Therefore, nominal concentration values
were considered reliable.
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Table 1. Limit of Detection (LOD) and Limit of Quantitation (LOQ) values are expressed in μg/L.
Nominal and measured REE concentrations mg/L (mean ± s.d.; n = 3).

Nominal Concentrations (mg/L)
0.1 0.2 0.4 0.8 1.6 3.2 6.4

LOD–LOQ (μg/L) Measured concentrations (mg/L)

Sc 0.066–0.220 0.08 ± 0.00 0.19 ± 0.01 0.36 ± 0.02 0.70 ± 0.02 1.20 ± 0.04 2.86 ± 0.06 5.57 ± 0.20
Y 0.003–0.010 0.09 ± 0.00 0.22 ± 0.02 0.39 ± 0.05 0.71 ± 0.02 1.45 ± 0.05 2.86 ± 0.03 5.89 ± 0.15
La 0.003–0.009 0.11 ± 0.01 0.18 ± 0.001 0.29 ± 0.002 0.94 ± 0.01 1.02 ± 0.00 3.43 ± 0.01 5.84 ± 0.09
Ce 0.003–0.011 0.09 ± 0.00 0.19 ± 0.01 0.37 ± 0.01 0.77 ± 0.03 1.48 ± 0.02 2.97 ± 0.05 5.60 ± 0.10
Nd 0.004–0.013 0.11 ± 0.00 0.17 ± 0.00 0.26 ± 0.01 0.61 ± 0.02 1.34 ± 0.01 2.70 ± 0.04 5.04 ± 0.10
Gd 0.003–0.009 0.08 ± 0.01 0.21 ± 0.03 0.38 ± 0.02 0.75 ± 0.04 1.60 ± 0.05 3.01 ± 0.06 5.79 ± 0.20
Dy 0.002–0.005 0.1 ± 0.01 0.21 ± 0.01 0.47 ± 0.03 0.93 ± 0.05 1.77 ± 0.10 3.72 ± 0.20 5.99 ± 0.20
Ho 0.002–0.006 0.12 ± 0.01 0.23 ± 0.01 0.42 ± 0.02 1.14 ± 0.05 1.12 ± 0.00 2.86 ± 0.08 6.40 ± 0.38
Er 0.001–0.005 0.12 ± 0.01 0.18 ± 0.01 0.33 ± 0.02 0.92 ± 0.01 1.10 ± 0.05 2.65 ± 0.01 5.73 ± 0.05

3.2. Acute Toxicity Test

The mean percentage of survival in the negative controls was >90% in each experiment,
while the LC50 of the positive control was equal to 0.13 (0.07–0.18) mg/L of Cu2+, within the
range of the laboratory control chart for this species, and in compliance with the acceptance
criteria [40].

In general, the results from this study demonstrated that all tested REEs exerted
significant adverse effects on T. fulvus. La and Gd exhibited a greater toxicity to T. fulvus,
with LC50s of 0.56 and 0.92 mg/L, respectively (p < 0.05, Table 2), followed by Nd and
Ho, which showed similar toxicity. Er was the least toxic at 1.99 mg/L (p < 0.05, Table 2).
According to LC50s obtained, REEs were ranked in the decreasing order of toxicity as
follows: La > Gd > Nd > Ho > Y > Sc > Ce > Dy > Er; therefore, REEs did not show a
predictable pattern consistent with their atomic number. Most data on REEs’ toxicity to
aquatic organisms are derived by acute toxicity tests, although their relative toxicity is often
contradictory; therefore, it is unclear whether there is a common pattern of biological effect
among all REEs. Some authors reported similar toxicity among REEs [30,41–43], likely
due to similar physico-chemical properties influencing chemical behaviour and toxicity
mechanisms. Conversely, other studies have shown that each REE has different effects, with
different ecotoxicological risks among them. This makes it hard to identify their universal
mode of toxicity [24,29,44,45].

Table 2. LC20 and LC50 (mg/L) with 95% C.I., of T. fulvus exposed to REEs. Different letters within
each column indicate significant differences (p < 0.05).

REEs LC50 C.I. (95%) LC20 C.I. (95%)

Scandium 1.33 bc 1.85–0.95 0.44 c 0.50–0.39
Yttrium 1.17 ab 1.46–0.93 0.56 d 0.61–0.50
Lanthanum 0.56 a 0.74–0.43 0.23 a 0.25–0.21
Cerium 1.53 bc 2.08–1.13 0.63 de 0.71–0.56
Neodynium 1.12 ab 1.54–0.82 0.39 bc 0.44–0.35
Gadolinum 0.92 ab 1.26–0.67 0.32 ab 0.36–0.28
Dysprosium 1.56 bc 2.15–1.13 0.62 de 0.69–0.56
Holmium 1.15 ab 1.67–0.79 0.33 b 0.38–0.29
Erbium 1.99 c 2.86–1.38 0.70 e 0.80–0.61

Siciliano et al. [46] reported, for Phaeodactylum tricornutum exposed to REE values of
LC50 from 0.98 to 13.21 mg/L, that the elements’s toxicity was ranked as Gd > Ce > Er >
La > Eu > Nd > Dy > Sm. Pagano et al. [34], in a study on the effects of several REEs on
Paracentrotus lividus embryos, reported the following ranking of toxicity: Gd > Y > La >
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Nd > Eu > Ce > Sm. On the other hand, no significant differences in the sensitivity of the
diatom Skeletonema costatum between REEs were observed by Tai et al. [37].

Markich et al. [47] determined the chronic REEs toxicity based on 30 coastal marine
organisms, reporting the following ranking: Y~Gd > Lu~Nd~Dy~Ce > La~Pr. As can be
seen from the literature, Gd always seems to be one of the most toxic. This is a worrying fact,
considering that Gd is the most used worldwide due to the widespread use of Gd-based
contrast agents (GBCAs) in medical imaging, and their poor removal efficiency (<10%) by
wastewater treatment plants. Indeed, Gd is the most prevalent REE contaminant in coastal
marine waters.

The major cause of REE toxicity is the disturbance of Ca metabolism and home-
ostasis, damaging cells and reducing development, growth, reproduction and survival.
This explains why the organisms, which require Ca to build shells, skeletons, or tests,
are particularly sensitive to REEs, as reported by Markich et al. [47] for the sea urchin
Heliocidaris tuberculata.

As in the current study, Borgmann et al. [48] reported for Hyalella azteca after one-week
exposures to REEs LC50 values between 0.51 and 1.67 mg/L, although in the following
decreasing toxicity order: Nd > Y > Gd > Ce > Ho > Dy > Er > La.

Blinova et al. [30] for Thamnocephalus platyurus reported LC50 values of 34.6, 33.0, and
31.80 mg/L for La, Ce, and Nd, respectively, while Manusadžianas et al. [49], in a study on
11 lanthanides and Y, found 24 h LC50 values ranging from 3.22 mg/L for Y to 45.2 mg/L
for La. Blaise et al. [29], in a study on Hydra attenuata exposed to 11 REEs, reported LC50
values in the range 0.22–0.69 mg/L, which is lower compared with results of this study.
However, if immobilization, which correlates closely with death, is considered as the
endpoint, the values we identified are comparable with those observed by Blaise et al. [29].
The EC50 values for T. fulvus were included between 0.15 and 0.71 mg/L (Table 3), very
similar to those reported by Blaise et al. [29]. Moreira et al. [50] reported the high sensitivity
of oyster embryo-larval development, with EC50s of 0.15 mg/L after 24 h and 0.22 mg/L
after 48 h exposure to Y.

Table 3. EC20 and EC50 (mg/L) with 95% C.I., of immobilization of T. fulvus exposed to REEs.
Different letters within each column indicate significant differences (p < 0.05).

REEs EC50 C.I. (95%) EC20 C.I. (95%)

Scandium 0.57 cde 0.69–0.47 0.36 de 0.38–0.35
Yttrium 0.49 cd 0.67–0.36 0.20 b 0.23–0.18
Lanthanum 0.37 bc 0.51–0.27 0.17 b 0.19–0.16
Cerium 0.74 e 0.89–0.61 0.40 e 0.42–0.37
Neodynium 0.19 ab 0.28–0.12 0.06 a 0.06–0.05
Gadolinum 0.15 a 0.20–0.12 0.07 a 0.08–0.06
Dysprosium 0.60 de 0.75–0.48 0.28 c 0.31–0.26
Holmium 0.44 cd 0.58–0.34 0.19 b 0.21–0.17
Erbium 0.71 e 0.90–0.56 0.33 d 0.36–0.30

Not surprisingly, sensitivity to REEs differs greatly among organisms and among the
endpoints used, making comparisons difficult. In a toxicity study of seven REEs (yttrium,
lanthanum, cerium, neodymium, samarium, europium, and gadolinium) on three echino-
derm species, Trifuoggi et al. [51] found that Sphaerechinus granularis had a significantly
higher sensitivity to Y and La (EC50 of 0.042 mg/L and 0.008 mg/L, respectively) than
Arbacia lixula and Paracentrotus lividus. Moreover, P. lividus embryos exposed to Gd showed
higher sensitivity (EC50 = 0.031 mg/L) than A. lixula and S. granularis. Also, Martino
et al. [52] observed different sensitivities to Gd in a study on the sea urchin embryonic de-
velopment of the European (Paracentrotus lividus and Arbacia lixula) and Australian species
(Heliocidaris tuberculate and Centrostephanus rodgersii), suggesting that it may be toxic to
marine organisms even within the same taxonomic group.
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Exposure to REEs resulted in concentration-dependent increases in mortality and
immobilization for all REEs tested (Figures 1 and 2). Most of the REEs showed a significant
acute toxic effect compared to the control, even at the lowest concentrations, confirming a
toxicity that should not be underestimated. Concerning T. fulvus exposure to La and Gd,
the effects (mortality) ranged between 20% (0.2 mg/L) and 93% (3.2 mg/L) for La, and
between 13% (0.2 mg/L) and 97% (6.4 mg/L) for Gd. For Er, the mortality varied between
3% (0.2 mg/L) and 90% (6.4 mg/L). As regards immobilization, exposure to Gd showed
the effect varying between 20% (0.1 mg/L) and 100% (1.6 mg/L) (Figures 1 and 2).

Figure 1. Concentration-response curves based on the mean (±s.d.; n = 30) mortality and immobiliza-
tion rates of T. fulvus exposed to scandium, yttrium, lanthanum, and cerium. Asterisks indicate the
first concentration causing significant differences to the control (Tukey’s test, p < 0.05).
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Figure 2. Concentration-response curves based on the mean (±s.d.; n = 30) mortality and immobi-
lization rates of T. fulvus exposed to neodymium, gadolinium, dysprosium, holmium, and erbium.
Asterisks indicate the lowest concentrations which show significant differences with the controls
(p < 0.05).

Furthermore, all REEs negatively affected the larval development of T. fulvus. Exposure
to all REEs resulted in a concentration-dependent decrease in the number of naupliar
moults, which was significant compared to the control even at the lowest concentration
tested (0.2 mg/L). (Figure 3, p < 0.05). At the end of the test, a total of 20–25 naupliar
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moults were found in the negative control. After exposure of nauplii to REEs, a significant
slowdown of naupliar development was exhibited by all tested REEs. However, at the
highest concentration of 6.4 mg/L, a 100% reduction in naupliar moults was observed only
in copepods exposed to Y, displaying the most severe sublethal effect compared to the other
REEs. This sub-lethal effect may be a potential harmful signal, affecting individual fitness
and overall reproductive output, offering insight into the future health of a population.

Figure 3. Moult numbers (mean ± s.d.) of T. fulvus exposed to different concentrations of REEs.
Asterisks indicate the lowest concentrations which show significant differences with the controls
(p < 0.05).

4. Conclusions

The continuous release of REEs into the marine environment poses a threat to ma-
rine species.

This study analyzed the acute and sub-lethal effects of nine REEs on the copepod
T. fulvus. It is necessary to emphasize the importance of sub-lethal effects in ecotoxicological
risk assessment, as reduced embryonic development and survival may pose a significant
threat to adult recruitment and population health.

The results show more severe effects for La, Gd, and Nd on the copepod for all
endpoints analyzed, while Er was the least toxic. Overall, a significant difference emerged
between control copepods and those exposed to REEs even at the lowest concentrations.
Although for some REEs, the LC50 and EC50 values obtained are outside the range of
concentrations found in the natural environment, it must be considered that, given the
role of REEs in our daily lives, their increasing demand, and consequent release into
the environment, the results of this study can help to improve our understanding of the
environmental impact of REEs and contribute to the definition of future guideline values
and ecological risk calculations. In addition, further studies on chronic exposure to REE
are needed to assess their effects on all life stages, as this could lead to significant changes.
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Abstract: The Silway River has historically failed to meet safe fecal coliform levels due to improper
waste disposal. The river mouth is located in General Santos City, the tuna capital of the Philippines
and a leading producer of hogs, cattle, and poultry. The buildup of contaminants due to direct
discharge of waste from chicken farms and existing water quality conditions has led to higher fecal
matter in the Silway River. While there were technical reports in the early 2000s about poultry
farming, this is the first study where fecal coliform from poultry farming was detected in the Silway
River using highly sensitive protocols like qPCR. This study characterized the effect of flow velocity
and physicochemical water quality parameters on chicken fecal contamination. Gene markers such
as Ckmito and ND5-CD were used to detect and quantify poultry manure contamination through
microbial source tracking (MST) and environmental DNA (eDNA) profiling. The results of this study
showed the presence of chicken fecal bacteria in all stations along the Silway River. The results
revealed that normal levels of water quality parameters such as temperature, pH, and high TSS
concentrations create favorable conditions for chicken fecal coliforms to thrive. Multiple regression
analysis showed that flow velocity and DO significantly affect chicken fecal contamination. A lower
cycle threshold (Ct) value indicated higher concentration of the marker ND5-CD, which means higher
fecal contamination. It was found that there was an inverse relationship between the Ct value and
both velocity (R2 = 0.55, p = 0.01) and DO (R2 = 0.98, p = 0.2), suggesting that low flow velocity and
low DO can lead to higher fecal contamination. Findings of fecal contamination could negatively
impact water resources, the health of nearby residents, and surrounding farms and industries, as
well as the health and growth of fish.

Keywords: chicken fecal contamination; microbial source tracking; eDNA profiling; fecal contamination;
flow velocity; water quality; Silway River

1. Introduction

Domestic chickens are common around the world, especially in the Philippines. They
are one of the most essential sub-sectors of the Philippines’ agricultural industry. Chickens
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are typically the primary source of income in rural nations [1]. Consumers have a much
greater preference for chicken meat, which has resulted in its being one of the most con-
sumed meats due to its affordability. Among all the animals raised primarily for human
consumption, one of the most consumed were chickens, which significantly contribute to
the country’s livestock production volume.

According to the Philippine Statistics Authority’s situation report for the period
October to December 2022, total chicken production was estimated at 494.12 thousand
metric tons (live weight). Concurrently, the national chicken inventory was reported
to be approximately 188.48 million fowls. Among the 18 regions in the Philippines,
Region 12, also known as SOCCSKSARGEN, is derived from the provinces and cities
that make up the region—South Cotabato, Cotabato, Sultan Kudarat, Sarangani, and Gen-
eral Santos City (Figure 1). The region ranks seventh among the major chicken-producing
areas in the Philippines, contributing approximately 22,249 metric tons (live weight) to
total chicken production. Additionally, it accounts for an estimated 10.37 million fowls in
the national chicken inventory [2]. According to the Philippine Bureau of Animal Industry
report, as of December 2022, there were a total of one hundred and eighty (180) registered
poultry farms in South Cotabato.

Figure 1. Location of Silway River basin in Southern Mindanao, Philippines.

The increasing demand for poultry products has raised waste management as a
prominent issue within environmental considerations. One of the major sources of waste
that contribute to environmental pollution is the chicken industry [3,4]. According to the
local government, one of the issues experienced in this industry is the unregulated waste
disposal methods and practices of poultry owners, which has resulted in various issues,
particularly for the environment [3]. Chicken feces are released into the environment
and receiving bodies of water as a result of commercial and backyard poultry raising,
particularly during storms and floods [5].
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Poultry fecal contamination poses sanitary risks by introducing pathogens like Es-
cherichia coli, Salmonella spp., Campylobacter spp., and avian influenza viruses into water
systems. Coliform bacteria, while useful indicators, do not directly reflect pathogen pres-
ence [6]. These microorganisms can cause gastrointestinal illnesses, systemic infections, and
zoonotic outbreaks. Nutrient enrichment from poultry waste also promotes eutrophication,
prolonging pathogen survival and fostering harmful algal blooms [7]. Addressing these
risks is vital to safeguard water quality and public health.

According to research by the Department of Environment and Natural Resources,
there are 180 out of 421 rivers in the country that are dirty and polluted and may soon
be declared “biologically dead” [8], while 50 rivers are already considered “biologically
dead”. Due to this situation, the local government agency identified several rivers in the
country as Water Quality Management Areas in accordance with the Philippine Clean
Water Act of 2004. This study aligns with the United Nations Sustainable Development Goal
(SDG) 6, “Clean Water and sanitation”, which aims to ensure the availability and sustainable
management of water and sanitation for all. With respect to SDG 14, “Life Below Water”,
this work provides a novel tool for detecting and managing water pollution, leading
to improved water quality especially for Sarangani Bay. Sarangani Bay is a significant
source of income for the Sarangani province, and General Santos City, the tuna capital
of the Philippines, drains to this water body. By employing an innovative approach to
environmental monitoring and management, this work enhances water quality by reducing
pollution, minimizing fecal contamination, and significantly increasing the availability of
safe water reuse on a global scale.

Traditionally, fecal indicator bacteria (FIB) have been used to identify and count
the presence of fecal water pollution, including fecal coliforms and enterococci [5], but
due to a lack of host specificity related to genetic markers shared universally across a
diverse range of hosts, FIB analysis is unable to provide information on possible sources of
contamination [9]. In this study, a microbial source tracking (MST) method was used by
focusing on host-specific mitochondrial DNA (mtDNA) of chicken to determine the fecal
contamination in the Silway River. MST refers to a set of methodologies used to identify
and, in some cases, quantify the primary sources of fecal contamination in various water
bodies, including drinking water, groundwater, and recreational waters. These methods
are classified into library-dependent and library-independent approaches, each designed
to trace contamination to its origin [10].

Environmental DNA (eDNA) was used in the Philippines for other applications like
metabarcoding and fish visual census [11]. In the Laguna Lake, Philippines, MST using
rep-PCR markers was used for fecal contamination studies [12,13]. In other countries,
microbial and chemical source tracking markers were used to monitor fecal contamination
at drinking water intakes [14]. In China [5] and Virginia, USA [15], eDNA and MST were
used for quantitative detection of domestic poultry feces and human and poultry fecal
contamination, respectively.

In 2010, the Sustainable Sanitation for East Asia (SuSEA) Philippines component
developed the Water Pollution Prevention and Control Program (WPPCP) with the intended
result of lowering the biochemical oxygen demand (BOD) loading of the Silway River in
South Cotabato by 10% at the end of the year [16]. The program was developed with
the desire to support the designation of the Silway River’s WQMA. The fact that the
Silway River was declared one of the Water Quality Management Areas (WQMAs) implies
that the river’s current state demands extensive protection and management by the local
government and stakeholders. On 28 November 2022, the Green City Action Plan (GCAP)
for General Santos City was published. It established a new target of 30% reduction
on BOD load and fecal coliform in Sarangani Bay by 2040 (from the 2018 level). This
20% increase in the reduction goal indicates that the water quality deteriorated over the
past years [17].

The novelty of this study lies in the fact that it is the first local study in the Philip-
pines about the application of host-specific detection and quantification of chicken fecal
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contamination in a river system. This study could also be used in determining chicken
fecal contamination in soil samples. This study would open new research, water quality
monitoring technique, and potential local government projects to address chicken fecal
contamination not only in rivers but also in various aquatic and terrestrial environments,
especially in regions with high total chicken meat production in the country. Lastly, the
results of this study could help in the assessment of the water quality of Silway River
stations that are not covered by the Silway River Water Quality Management Area.

This study aims to examine the level of chicken fecal contamination in the Silway
River, Philippines, on a spatial scale. Several critical water quality parameters that are
crucial to monitoring and environmental management were also assessed. Specifically,
this study characterized flow velocity and physicochemical water quality parameters;
utilized two gene markers, Ckmito and ND5-CD, to detect and quantify poultry manure
contamination; evaluated chicken fecal contamination using MST and eDNA profiling; and
assessed the relationship between chicken fecal contamination and physicochemical water
quality parameters. The methodology employed in this study can be utilized for rivers
and water bodies worldwide, providing a valuable tool for environmental monitoring and
management across various contexts and regions.

2. Materials and Methods

2.1. Site Description

One of the rivers under protection in the Philippines is the Silway River in Mindanao.
The Silway River estuary flows through a densely populated residential area with com-
mercial establishments [18]. The Silway River is located in the southern part of South
Cotabato province and the western part of Sarangani province (Figure 1). The Silway River
WQMA comprises the municipalities of Polomolok, Tupi, and T’boli and General Santos
City. Subsequently, these areas’ wastewater discharges drain into the Silway River.

The river basin falls within fifty-nine barangay jurisdictions, distributed in the four
abovementioned cities or municipalities, and drains into Sarangani Bay [19]. The water
quality of the Silway river directly impacts the bay [17], which is a protected seascape and a
renowned spawning habitat for tuna fingerlings. General Santos City is a highly urbanized
city in South Cotabato. The Silway River mouth is located in this city, which is known
as the tuna capital of the Philippines with a GDP that is highly dependent on fish catch.
Agriculture and fisheries are the main drivers of General Santos City’s economy.

2.2. Water Sampling Materials and Data Collection Equipment

Different materials and equipment were used in this study. An electromagnetic current
meter (INFINITY-EM, JFE Advantech, Nishinomiya, Japan) with a data logger and built-in
compass was used to measure the flow velocity. A YSI ProDSS multiparameter was used to
identify the actual coordinates of the sampling stations and measure DO, turbidity, and
temperature. A leveling rod was used to determine the depth of the river. A digital pH
meter was used to measure the pH.

2.3. Preliminary Fieldwork Preparation

A preliminary reconnaissance survey was conducted to identify the location of the
sampling stations and nearby poultry farms and backyard poultries in Silway River. The
initial coordinates of the stations were identified using Google Earth Pro. The selection of
water sampling stations was determined based on the proximity to poultry farms and local
communities engaged in backyard poultry raising and family poultry. Additionally, some
stations were selected in alignment with the Silway River Water Quality Management Area
(WQMA) stations. Figure 2 shows the map of the sources of chicken fecal contamination.
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Figure 2. Sources of chicken fecal contamination and sampling locations along the Silway River
tributaries in South Cotabato and General Santos City. The red square shows the location of Silway
River basin.

2.4. Methods for Water Sampling, Data Gathering, and Laboratory and Data Analysis

Figure 3 shows a flow chart with a brief procedural illustration of the study. Flow
velocity, actual stations coordinates, water quality parameters, and water samples for
laboratory tests were gathered simultaneously.

Figure 3. Procedural flow chart.
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2.4.1. Study Area Selection

The study area is located in the province of South Cotabato, a region in Southern
Mindanao. The location of each sampling station was determined using an electromag-
netic current meter with a data logger and built-in compass. The catchment area of the
Silway River has a total of 56,280 hectares composed of different municipalities including
Polomolok, with most of the portions and parts of T’boli, Tupi, and General Santos City.
It is drained by several streams and tributaries that make up the 28 km Silway River [16].
Figure 4 shows the different sampling stations of the Silway River.

Figure 4. Images of the sampling locations: (A) Station 1, (B) Station 2, (C) Station 3, (D) Station 4,
(E) Station 5, (F) Station 6, (G) Station 7, (H) Station 8, (I) Station 9, (J) Station 10.

2.4.2. Water Sample Collection and Data Gathering

The study was conducted on 14 April 2023 from 8:00 a.m. to 4:00 p.m. when the
weather was sunny and clear. A total of 10 water samples were collected for this study from
the sampling stations of Silway River, province of South Cotabato, including the different
barangays of General Santos City namely, Labangal, Sinawal, City Heights, and San Isidro,
and barangays of Polomolok including Silway 7 and Silway 8. Table 1 shows a list of the
sampling stations and their descriptions.

All equipment and materials were rinsed with distilled water. Each sampling bottle
was labeled with station number from one (1) to ten (10). Flow velocity was measured
using an electromagnetic current meter (INFINITY-EM, JFE Advantech), while the pH was
measured using a digital pH meter immediately after the samples were collected in each
station. The water quality parameters such as dissolved oxygen (DO), temperature, and
turbidity were measured using a multiparameter water quality meter (YSI ProDSS, Xylem
Analytics, OH, USA) with an optical luminescence sensor for dissolved oxygen, thermistor
sensor for temperature, and optical 90-degree scatter sensor for turbidity. Water quality
parameter measurements were performed at a depth of 0.1 m in each station. The width of
the river varies in every station, so it was divided into three sections to measure the flow
velocity and depth, and these sections were averaged later for the profile distribution of
velocity and depth.
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Table 1. Silway River sampling stations.

Station Latitude Longitude Station Description

1 6.1058 125.1640 Approx. 300 m from the Mouth of Silway River GSC

2 6.1154 125.1585 Approx 435 m from Silway Bridge along Digos-Makar Rd. at Purok Palen Brgy.
Labangal GSC

3 6.1136 125.1462 Approx. 340 m from Sinawal Bridge along Makar—Gensan Rd. at Purok San Vicente
Brgy. Labangal GSC

4 6.1321 125.1505 Foot of bridge along Yumang St. Purok Sta. Teresita Rd. City Heights GSC

5 6.1531 125.1420 Foot of Upper Silway Bridge along GSC Circumferential Rd. at Brgy. San Isidro GSC

6 6.1765 125.1190 Foot of Silway 7 Bridge along Silway 7—Klinan 6 Rd. at Silway 7 Polomolok

7 6.1795 125.0966 Approx. 250 m from Matin-ao Bridge of Purok Riverside Matin-ao Silway 8
Polomolok

8 6.1923 125.0730 Downstream portion of Silway River at Purok Upper Matin-ao Silway
8 Polomolok

9 6.1308 125.1103 Foot of Upper Sinawal Bridge along GSC Circumferential Rd. at Purok Cabuay Brgy.
Sinawal GSC

10 6.11913 125.06902 Upstream portion of Silway River at Purok Kintay Brgy. Sinawal GSC

2.4.3. Laboratory Analysis

Water samples for laboratory tests were collected from the middle section of the river.
A total of 1500 mL of the water sample was collected in each station, 500 mL for total
suspended solid (TSS) tests, and 1000 mL for PCR and qPCR tests for chicken fecal co-
liform. After collection, water samples were properly sealed to prevent contamination
and stored immediately in the insulated ice container to keep the trace elements. The
gathered water samples were transported to the laboratories within 24 to 48 h from col-
lection. The water samples for TSS were sent to the Mindanao State University—GSC
Water Laboratory—while the water samples for fecal coliform analysis were sent to the
Philippine Genome Center Mindanao Omics Laboratory.

The TSS analysis followed the EPA (1983) Method 160.2 (Gravimetric, Dried at 103–105 ◦C).
Total suspended solid measurement for each station was obtained by filtration and gravimetric
methods using a standard glass fiber filter paper, oven dryer, analytical weighing scale, and
vacuum filtration. Initially, the filter paper was weighed to identify the initial weight. Then,
each water sample was poured into the vacuum filtration set up. After allowing the water to be
drained, the residue left on the filter paper was oven dried at a constant temperature of 105 ◦C
for 48 h. Lastly, the filter paper was weighed to obtain the final weight, and the value for
total suspended solids was determined using the following formula:

TSS
(mg

L

)
=

Wf − Wi

V
× 1000000 (1)

where Wi = initial weight (g), Wf = final weight (g), and V = volume (mL).
For fecal coliform analysis, 1000 mL of water samples were processed by the Philippine

Genome Center Mindanao Omics Laboratory Services. For the MST method, Ckmito and
ND5-CD primers and probes were used for the PCR and qPCR tests. The nucleotide
sequences were retrieved from the study conducted by [5,20]. Minor groove binder (MGB)
probe and primers were synthesized by Noveaulab. The oligonucleotide sequences used
are shown in Table 2.
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Table 2. Oligonucleotide primers and probes used for validation of MST qPCR and PCR assays.

Assay
Primer or

Probe
Concentration in

Final Reaction Mix
Oligonucleotide Sequence (5′-3′) Product

Size (bp)
Annealing
T (◦C)

Target Gene Target Host

ND5-CD
(TaqMan)

ND5-F 900 nM ACCTCCCCCAACTAGC 172 60 Mitochondrial
genes: NADH
dehydrogenase
subunit 5 (ND5)

Poultry
(Chicken and

duck)

ND5-R 900 nM TTGCCAATGGTTAGGCAGGAG

ND5-P 250 nM (6-FAM 1) TCAACCCATGCCTTCTT
(NFQ-MGB 2)

Ckmito1
(single PCR)

Ckmito1-G 200 nM ACCCTATTTGACTCCCTCAA 565 55 Mitochondrial 16S
rRNA gene Poultry (Chicken)Ckmito1-D 200 nM ATGTCGACCAGGGGTTTATG

CkmitoN1
(Nested PCR)

CkmitoN1-G 200 nM CCCCCACACTAACAAGCAAT 381 55 Mitochondrial 16S
rRNA gene Poultry (Chicken)CkmitoN1-D 200 nM GGTTGTAAGGTGGTCGTGAT

1 6-FAM: 6-Carboxy-Fluorescein. 2 NFQ-MGB: Non-Fluorescent Quencher-Minor Groove Binder.

First, environmental DNA (eDNA) was extracted from the water samples using the
Qiagen PowerSoil Pro Kit (Qiagen, Hilden, Germany), adhering to the manufacturer’s
instructions. Then, the concentration of the extracted eDNA in each station was mea-
sured using the spectrophotometer. After determining the concentration of the eDNA
in every station, Agarose Gel Electrophoresis was performed with 1% Agarose Gel con-
centration and electrophoresed for 60 min at 100 V. For the detection of chicken fecal
contamination, the samples were amplified using the Ckmito1 forward and reverse primer
for single PCR with 20 μL of reaction volume and annealing temperature of 55 ◦C and were
run in a conventional PCR machine. Gel concentration was 2% and electrophoresed for
90 min at 100 V. The same process was performed for the nested PCR test using CkmitoN1
forward and reverse primer. The amplified products were obtained using the primers
Ckmito 1-G/D, and then the positive products were used as DNA templates when the
primers CkmitoN1-G/D were applied. The markers Ckmito1 and CkmitoN1 were com-
bined and collectively referred to as the Ckmito marker. To quantify chicken fecal coliforms,
a TaqMan assay targeting the ND5 gene was conducted using a real-time qPCR system
(Applied Biosystems, Foster City, CA, USA). Positive products from the nested PCR ampli-
fication were used as the DNA template to measure the cycle threshold (Ct) value.

There were missing values for dissolved oxygen and turbidity that were observed from
the report of the results and were later revealed as a result of instrumental error during the
collection of samples in station 4. Although there were missing values, the researcher was
able to estimate the turbidity measurement for station 4 using the conversion Equation (2)
generated by performing linear regression using the linear relationship between analyzed
suspended solids and turbidity from nine stations. Figure 5 shows the analysis for linear
regression between turbidity (FNU) and analyzed TSS (mg/L).

Turbidity = 2.3061x (2)

Figure 5. Regression analysis between turbidity (FNU) and analyzed total suspended solids (mg/L).
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2.5. Data Mapping of Chicken Fecal Contamination and Physicochemical Water Quality
Parameters Results

The coordinates of each sampling station were identified using the built-in compass in
the electromagnetic current meter (INFINITY-EM, JFE Advantech, Nishinomiya, Japan).
The data that were collected during this study and the results obtained from the water
analysis were consolidated to generate a map for fecal contamination and water quality
parameters using Quantum GIS (QGIS) software 3.32.3. The water quality guidelines for
Class C freshwater primary parameters were also used to compare the results, whether
they passed or failed the requirements.

3. Results and Discussion

3.1. Flow Velocity

Water quality (WQ) processes can be significantly influenced by flow velocity condi-
tions. Specifically, higher flow velocities are associated with increased reaeration rates in a
positive correlation [21]. The flow velocity of each station is shown in Table 3, including
their depth and width. The values obtained for flow velocity ranged from 0.22 m/s at
Station 9 to 1.27 m/s at Station 7. This was attributed to factors such as steep gradient in the
area and narrow channel section in Station 7, which is 8.40 m. On the other hand, Station 9
shows the lowest flow velocity of 0.22 m/s among the recorded stations. This is due to its
wider channel section of 12.1 m with a moderate gradient in the area. Additionally, its depth
of 0.13 m stands as the lowest depth among all the stations.

Table 3. Velocity, depth, and width of the sampling stations in the Silway River.

Station Number Velocity (m/s) Depth (m) Width (m)

1 0.69 0.55 23.5

2 0.99 0.48 22.9

3 0.92 0.27 6.4

4 0.87 0.54 28.3

5 1.07 0.30 16.5

6 1.17 0.52 24.6

7 1.27 0.35 8.4

8 0.82 0.62 16.9

9 0.22 0.13 12.1

10 0.47 0.35 8.0

The variations in flow velocity along the Silway River can be attributed to several
factors, including the river’s topography, channel characteristics, and the volume of water
being transported. The speed at which water moves through a river may influence several
factors and parameters such as dissolved oxygen, suspended solids, temperature, nutrient
transport, and pollutants dilution and removal that contribute to its overall quality [22].

3.2. Physicochemical Water Quality Parameters and Chicken Fecal Contamination

The gel image results of the first and second nested PCR of Silway River water samples
from Station 1 to Station 10 and a negative control are shown in Figures 6 and 7. Figure 6
shows the agarose gel electrophoresis image result of the first nested PCR of water samples
from Silway River stations. On the other hand, Figure 7 shows the agarose gel electrophoresis
image result of the second nested PCR of water samples from Silway River stations.
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Figure 6. Gel image of first nested PCR of Silway River water samples.

Figure 7. Gel image of second nested PCR of Silway River water samples.

The water quality parameters such as DO, TSS, temperature, pH, turbidity, and PCR
and qPCR tests shown in Table 4 were based on the results from on-site fieldwork and the
laboratory analysis conducted by the Philippine Genome Center Mindanao Omics Labora-
tory and Mindanao State University GSC Water Laboratory. The comparison between the
results of water quality parameters analysis from ten sampling stations and the standards
outlined in the DENR Administrative Order series of 2016-08 are also shown in Table 4.

Table 4. Physicochemical water quality parameters and PCR and qPCR test results for chicken fecal
contamination.

Station
Number

DO
(mg/L)

TSS
(mg/L)

Temperature
(◦C)

pH
Turbidity

(FNU)
Fecal Coliform

Ckmito PCR Test
Fecal Coliform ND5-CD qPCR Test

(Ct Value)

DAO
Standard >5 mg/L <80 mg/L 25–31 6.5–9.0 - - -

1 7.55 181 26.11 8.48 67.947 Positive 29.485

2 8.01 118 25.67 8.20 73.029 Positive 33.850

3 6.82 81 28.06 7.97 68.375 Positive 26.785

4 No data 68 27.52 8.31 29.487 Positive 30.560

5 7.97 186 27.53 8.60 93.532 Positive 33.060
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Table 4. Cont.

Station
Number

DO
(mg/L)

TSS
(mg/L)

Temperature
(◦C)

pH
Turbidity

(FNU)
Fecal Coliform

Ckmito PCR Test
Fecal Coliform ND5-CD qPCR Test

(Ct Value)

6 7.68 197 28.72 8.54 123.575 Positive 27.790

7 7.57 631 29.39 8.53 313.084 Positive 35.230

8 7.39 53 31.19 8.30 10.599 Positive 24.590

9 7.66 60 29.06 8.15 98.666 Positive 20.595

10 7.84 1180 26.06 8.35 448.161 Positive 27.665

3.2.1. Dissolved Oxygen (DO)

The measurement of DO is crucial for assessing the metabolic pulses of rivers and is a
fundamental indicator of water quality [22]. Figure 8 shows the map for the results of DO
concentration along the Silway River.

Figure 8. Map of dissolved oxygen results for Silway River stations.

In this study, Stations 2, 5, and 10 have relatively high DO levels with 8.01 mg/L,
7.97 mg/L, and 7.84 mg/L, respectively, while Station 3 has the lowest recorded DO
level at 6.82 mg/L. All of the stations contain a DO concentration above the minimum
level required, which means that most fish and other living organisms will be able to
survive in the water. In the succeeding section, DO will be correlated with chicken fecal
contamination.

3.2.2. Total Suspended Solids (TSSs)

From the results shown in Table 4, the majority of the stations have TSS concentrations
above the recommended limit of 80 mg/L for Class C freshwater. In Figure 9, Stations
7 and 10 have particularly high TSS levels, with 631 mg/L and 1180 mg/L, respectively.
The high concentration of TSSs in the majority of the stations was due to their topography,
where the area is characterized by hills and runoff. This is very common, like in Station 10,
which is located at the bottom of a hill. On the other hand, only Stations 4, 8, and 9 pass
the maximum threshold of 80 mg/L with 68 mg/L, 53 mg/L, and 60 mg/L, respectively.
Besides the topographic conditions, flow velocity can also influence the transport and
distribution of suspended solids in a river. Historically, in the Silway Water Quality
Management Report 2020, 9 out of 25 monitoring stations failed the standard allowable TSS
level. This poses a threat to environment safety and health hazards to nearby communities.
The accumulation of sediment deposits at river channels not only harbors toxic pollutants
but also diminishes the flood-carrying capacity [23].
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Figure 9. Map of total suspended solids in Silway River stations.

3.2.3. Temperature

The temperature of the water plays a crucial role in shaping the habitat availability
for various aquatic species, thereby affecting the survival of some aquatic organisms. It
has a significant impact on water quality and various environmental factors, as it governs
the diversity of aquatic life, regulates the maximum concentration of dissolved oxygen,
and influences the occurrence of chemical and biological reactions [8]. The readings for
temperature in the Silway River reveal that the majority of the stations along the river fall
within the acceptable temperature range. This indicates that the Silway River generally
meets the water quality guidelines for primary parameters at these locations.

Stations 1 and 2 recorded temperatures of 26.11 ◦C and 25.67 ◦C, respectively; these
values barely fall within the minimum limit. Station 8, by contrast, recorded a temperature
of 31.19 ◦C, which is at the upper limit of the acceptable range. Figure 10 shows a map of
the results of temperature.

Figure 10. Map of temperature records in Silway River stations.
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3.2.4. pH

Low pH levels can lead to the release of toxic elements and compounds, including
heavy metals, which can be absorbed by aquatic organisms. In this study, the pH levels
recorded at the sampling stations in the given data were generally within the acceptable
range, ranging from 7.97 in Station 3 to 8.60 in Station 5. These values indicate that the
water in the Silway River is predominantly alkaline in nature. Fluctuations in pH can have
detrimental effects on certain species in the river, while others may be more sensitive to
such changes. Therefore, monitoring the pH of an aquatic system is essential for assessing
the quality of water and pollution levels [8]. Figure 11 shows a map of the results of
pH level.

Figure 11. Map of pH levels in Silway River stations.

3.2.5. Turbidity

As shown in Table 4, Station 10 records the highest turbidity value of 448.16 FNU,
indicating an extremely high concentration of suspended particles and potentially very
cloudy or muddy water. On the other hand, Stations 4 and 8 exhibit lower turbidity
readings, with Station 8 having the lowest recorded value of turbidity at 10.60 FNU,
suggesting clearer water with fewer suspended particles. Figure 12 shows a map of the
turbidity of sampling stations in the Silway River.

Station 10 is an upstream hilly station with mainly pineapple plantations. Pineapple is
a famous commodity in the area produced by contract farmers and in the area of a large
international company. Research has shown that the rapid deterioration of soil biodiver-
sity on pineapple plantations due to erosion, over-cultivation, and pesticide application
eventually leave the land completely infertile [24,25]. Elevated turbidity levels can result in
increased heat absorption by the water, leading to higher water temperatures. Addition-
ally, the reduced light penetration caused by high turbidity can diminish photosynthetic
activities of aquatic plants and organisms, consequently decreasing the level of dissolved
oxygen in the water [26]. Station 7 had the second highest turbidity and had the second
highest temperature during the time of data gathering. Station 3 had the lowest DO, and
the turbidity level exceeded the minimum allowable standard.
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Figure 12. Map of turbidity values in Silway River stations.

3.2.6. Chicken Fecal Contamination

The presence of fecal coliform in water has an adverse effect on the ecosystem and
poses a substantial risk to human health [9]. In this study, two poultry-associated gene
markers, mtDNA Ckmito and ND5-CD, were used as indicators for microbial source
tracking of chicken fecal contamination. The mtDNA marker Ckmito was utilized for MST
by PCR to detect chicken fecal contamination. The ND5 gene marker was used for the
qPCR assay to quantify chicken fecal contamination. As shown in Table 4, all stations of
the Silway River tested positive for chicken fecal contamination in the PCR tests, and all of
the samples showed a reaction during the qPCR test. Table 5 further shows the number of
poultry farms, backyard poultry, and dressing plants near the station.

Table 5. Poultry farms, backyard poultry, and dressing plants near the stations in the Silway River.

Station Number
Number of Poultry Farm a, Backyard Poultry b, and Dressing

Plants c Within a 1000 m Radius of the Station
Approx. Distance of Structures from the River (m)

1 12 b 10–100

2 7 b 10–80

3 7 b 10–50

4 4 b 10–40

5 3 b 10–30

6 6 b 10–60

7 3 a, 1 b 50–150

8 5 a 200–300

9 1 a, 6 b, 1 c 10–150

10 2 a, 2 b 10–100

a Poultry Farm. b Backyard Poultry. c Dressing Plants.

The Ct (Cycle threshold) value is the number of amplification cycles (utilizing RT-PCR)
necessary for the fluorescence of a PCR product to intersect a threshold level, exceeding
the background signal [27]. For Ct values, the higher the number, the lower the target gene
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concentration, while lower Ct values indicate a higher concentration of the target gene.
Figure 13 shows a map of the results of chicken fecal contamination in the Silway River.

Figure 13. Map of chicken fecal contamination in Silway River stations.

Station 7 has the highest Ct value at 35.23, indicating a low concentration of the marker
ND5, while Station 9 and 8 have the lowest Ct values of 20.56 and 24.25, respectively,
indicating significantly high gene concentration. The results from PCR and qPCR tests were
expected due to the nearby communities and facilities in the Silway River that engaged in
poultry raising, especially in Station 9. Backyard poultry raising is very common in various
neighborhoods, especially in the province.

The MST method was used in this study to detect and quantify chicken host-specific
fecal bacteria using a combination of PCR and qPCR. Based on the results of this study,
chicken feces were indeed present and are one of the various sources of fecal contamination
that contributes to water pollution in the Silway River. MST is recommended for use
especially in studies involving identification and quantification of a specific fecal bacteria
not only in water bodies but also in soils. The advantage of MST is that this method has
been proven by previous studies to accurately and precisely identify various host-specific
sources of fecal contamination in environmental water samples [13]. The tests involved in
this method are generally more sensitive and specific than traditional fecal coliform tests.

One of the disadvantages of the MST method is the cost of the tests, which are more
expensive to set up, but this can be cost-effective in the long term due to their accuracy and
specificity. Table 6 shows a comparison between the cost incurred for the tests in this study
and the cost of a traditional fecal coliform detection test.

The cost for a traditional fecal coliform test is based on Mindanao State University—GSC
Water Analytical Laboratory and Research Center, while the cost for the tests using the MST
method is based on Philippine Genome Center Mindanao Omics Laboratory services. The
primers and probe were synthesized by Noveaulab and cost about PHP 29,191.50 as a
whole. These primers can analyze at least 700 samples, while probes can analyze at least
250 samples.
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Table 6. Cost comparison between MST and a traditional fecal coliform test.

Method Unit Price per Unit/Test

Traditional Test
Detection of Fecal Coliform samples PHP 350.00

MST (detection only)
eDNA Extraction (Water) samples PHP 976.60

Gel Electrophoresis runs PHP 158.92
PCR Amplification amplicon PHP 244.25

PCR Amplification Optimization amplicon PHP 244.25
Total PHP 1624.12

MST (detection and quantification)
eDNA Extraction (Water) samples PHP 976.60

Gel Electrophoresis runs PHP 158.92
PCR Amplification amplicon PHP 244.25

PCR Amplification Optimization amplicon PHP 244.25
qPCR NC + PC PHP 112.35

qPCR Optimization gDNA + NC + PC + NEC PHP 112.35
Total PHP 3868.82

3.3. Relationship Among Flow Velocity, Physicochemical Water Quality Parameters, and Chicken
Fecal Contamination
3.3.1. Chicken Fecal Contamination and Physicochemical Water Quality
Parameter Relationship

The rate of coliform bacteria decay tends to rise with higher water temperatures,
increased pH levels, nutrient scarcity, and greater levels of predation and parasitism. On
the other hand, the survival of coliform bacteria can be extended, or they can even thrive
under specific environmental conditions, including appropriate pH, suitable temperature,
abundant nutrients, and concentrated suspended particles [28,29]. In this study, the levels
of temperature and pH fell within the recommended range, while the majority of the
results of TSSs failed the requirements. As mentioned from previous studies, these levels
of water quality parameters such as temperature and pH and high concentrations of TSSs
can be considered favorable conditions for fecal coliforms to grow and survive. Due to this,
coliforms coming from chicken feces can stay and survive longer in these environments
and continue to multiply. Fecal contamination is significantly high and has always been a
problem in the Silway River.

3.3.2. Multiple Regression Analysis of Chicken Fecal Contamination, DO, and Flow Velocity

An inverse relationship was observed between chicken fecal contamination and both
DO and flow velocity when examining the data of the Silway River (Table 7).

An R2 value of 0.98 indicates that higher DO has a higher Ct value, which means
less chicken fecal contamination (Figure 14a). Low DO levels could indicate a higher
presence of bacteria using it for respiration and an increased amount of decaying organic
matter [30]. Meanwhile, an R2 value of 0.55 and a p-value of 0.01 indicate a significant
effect of flow velocity on chicken fecal contamination (Figure 14b). With the availability of a
current meter and DO meter, fecal coliform Ct value could be estimated using the equation
Y = −6.920926245 + 3.571535586 × DO + 10.46724234 × Velocity. The equation developed
is specific to the Silway River section studied on the given date, reflecting the conditions
observed, and has not been validated or applied to other systems.
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Table 7. Multiple linear regression analysis results.

Regression Statistics

Multiple R 0.799465765

R Square 0.63914551

Adjusted R Square 0.536044227

Standard Error 3.04281321

Observations 10

ANOVA

df SS MS F Significance
F

Regression 2 114.7932244 57.3966122 6.199200363 0.028226849

Residual 7 64.8109856 9.258712228

Total 9 179.60421

Coefficients Standard
Error t Stat p-value

Intercept −6.920926245 20.75159251 −0.333513018 0.748514646

DO (mg/L) 3.571535586 2.709846892 1.317984273 0.229000056

Velocity 10.46724234 3.173606926 3.298216378 0.013152948

Figure 14. Relationship between fecal coliform Ct value and (a) DO (mg/L) and (b) velocity (m/s).

The concentration of chicken fecal contamination tends to increase as the flow velocity
decreases. This trend was particularly evident in Station 9, which has the lowest Ct value
of 20.595, indicating a significantly high concentration of fecal contamination, while flow
velocity was lowest at 0.22 m/s. In addition, Station 7 has the highest flow velocity of
1.27 m/s while fecal contamination concentration was lowest with a Ct value of 35.230. This
chicken fecal contamination and flow velocity relationship suggests that lower flow velocity
may result in the accumulation of fecal contaminants, leading to higher concentrations.
Lower flow velocity, particularly in stagnant water conditions, is more favorable for bacte-
rial growth [31] and can promote the settling of fecal contaminants and particulate-bound
pathogens in the riverbed. Historical data of the Silway Water Quality Management Report
in the year 2020 showed that 25 out of 25 monitoring stations failed the standard allowable
fecal coliform level of 200 MPN/100 mL. This means that the fecal coliform contamination
problem has been an ongoing, persistent problem that must be addressed.
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3.3.3. Turbidity and TSS Relationship

There is a positive linear relationship between turbidity and TSSs. An R2 value of 0.961
and a p-value of <0.0001 indicates a highly significant effect in the relationship between
turbidity and TSSs. As turbidity levels increase, TSS levels also increase. The equation
y = 2.3061x was used as the turbidity–TSS conversion equation for all the turbidity data
collected on site.

This trend is evident in all stations of the Silway River. Station 10 has the record of the
highest values in both turbidity and total suspended solids concentration at 448.16 FNU
and 1180 mg/L, respectively, and Station 7 is the second highest with a turbidity value
of 313.08 FNU and total suspended solids concentration of 631 mg/L. By contrast, Station
8 has the lowest turbidity and total suspended solids concentration value of 10.60 FNU and
53 mg/L, respectively. This result was expected due to the presence of suspended solids such
as organic matter and particles of sediment that cause light to scatter and be absorbed in the
water, which can result in increased turbidity. In this study, the positive linear relationship
between turbidity and TSSs implies that turbidity can be used as a proxy for estimating
TSS levels.

4. Conclusions

Molecular analyses, such as qPCR using host-specific markers (ND5-CD, Ckmito) and
MST methods, were used along with river water parameter analysis to investigate fecal
contamination in the Silway River. The water samples collected from all stations tested
positive for the Ckmito marker during the first and nested PCR tests, and all water samples
exhibited a reaction crossing the threshold during the qPCR test. The results of this study
suggest that nearby households engaged in backyard poultry raising and poultry farms are
contributing to the chicken fecal contamination in the Silway River. In addition, the MST
method combining Ckmito and ND5 markers proved effective in detecting and quantifying
host-specific fecal bacteria in water bodies. However, the MST method is more expensive
to set up, although it is considered cost-effective in the long term due to its accuracy
and specificity.

Physicochemical parameters such as dissolved oxygen, temperature, and pH were
all within the standard limit in all stations except for total suspended solids, where the
majority of the sampling stations fell above the maximum limit. Although turbidity was not
mentioned in the DENR standard water quality guidelines, the results in this study showed
significantly high levels of turbidity. The DO levels in all stations were generally above
the minimum required for aquatic life, which is >5 mg/L. The temperature fell within the
acceptable range at all stations, but Station 8 was at the upper limit at 31.19 ◦C. pH levels
were on the basic side, ranging from 7.97 to 8.60, indicating mainly alkaline water. TSS
and turbidity levels were exceptionally high in Stations 7 and 10. These elevated TSS and
turbidity levels are largely attributed to the topography of the study area, characterized by
hills and runoff. This situation was evident in Station 10, which is located at the foot of a
hill, suggesting cloudy or muddy water.

Relationships among flow velocity, water quality parameters, and chicken fecal con-
tamination were also studied. Chicken fecal contamination and water quality parameters
relationship suggests that normal levels of temperature and pH, along with high concen-
trations of TSSs, create a favorable condition for fecal coliforms to thrive. Chicken fecal
contamination and flow velocity showed a significant inverse relationship, with an R2

value of 0.55 and p-value of 0.01, suggesting that lower flow velocity may result in the
accumulation of fecal contamination, leading to higher concentrations and contributing to
persistent fecal contamination in the Silway River. Similarly, DO had an inverse relationship
with chicken fecal contamination since lower Ct values mean higher contamination. A
strong coefficient of determination was found between DO and chicken fecal contamination
Ct value, where R2 was 0.98 with a p-value of 0.2, suggesting that low DO means higher
fecal contamination. Lastly, turbidity and TSS exhibited a strong positive linear relation-
ship, with an R2 value of 0.961 and a p-value of <0.0001, such that higher turbidity levels
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were associated with elevated TSS levels. Turbidity can be used as a proxy for estimating
TSS levels.

While direct relationships between fecal contamination and river water parameters
were obtained, the molecular tools used were significant to pinpoint a specific fecal con-
tributor, which is poultry. The results are essential for targeted remediation strategies.
High-order riverine systems are influenced by multiple tributaries and diverse inputs,
making it challenging to associate fecal contamination with individual upstream activities.
MST and qPCR methods address this complexity by using source-specific markers, even in
matrices with low fecal loads, where conventional approaches fail.

The results of this study were, however, derived from water samples collected during
a single day under specific meteorological conditions. Environmental variables, such as
prolonged drought or typhoon events, could substantially alter the outcomes. Drought
conditions may reduce surface runoff, which could lead to undetectable levels of chicken
markers. By contrast, typhoon-induced runoff could significantly elevate fecal contami-
nation levels due to a high influx of water from more pollution sources. Therefore, these
findings are limited by time and location and should be interpreted in the context of the
environmental conditions during the sampling.

In conclusion, this study confirms the presence of chicken fecal contamination in the
Silway River and emphasizes the significance of the application of the MST method for
detecting and quantifying chicken-specific fecal bacteria in water bodies. With the growing
accessibility of qPCR technologies, molecular analyses are pivotal for both addressing
chronic water quality impairments and preventing contamination. This is particularly valu-
able, as communities face escalating challenges from both point and non-point pollution
sources. Nearby households engaged in backyard poultry raising and poultry farms are one
of the main sources of chicken fecal contamination in the Silway River. Lastly, flow velocity
and water quality parameters play a significant role in the survival of certain fecal bacteria
in environmental waters. The MST and eDNA approaches could be utilized in future
research to assess the transport and persistence of pathogens in river systems, alongside
hydrodynamic flow models, to offer a comprehensive understanding of contamination
dynamics over time and space.
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Abstract: Per- and polyfluoroalkyl substances (PFAS) are a class of persistent organic
pollutants that pose a growing threat to environmental and human health. Soil acts as
a long-term reservoir for PFAS, potentially impacting soil biodiversity and ecosystem
function. Earthworms, as keystone species in soil ecosystems, are particularly vulnerable
to PFAS exposure. In this study, we investigated the sublethal effects of three short-chain
(C4–C6) next-generation perfluoropropylene oxide acids (PFPOAs) on the earthworm
Eisenia fetida, using a legacy perfluoroalkyl carboxylic acid (PFCA), perfluorooctanoic
acid (PFOA), as a reference. We assessed a suite of biochemical endpoints, including
markers for oxidative stress (catalase and superoxide dismutase activity), immunity (phenol
oxidase activity), neurotoxicity (acetylcholinesterase activity), and behavioural endpoints
(escape test). Results indicate that all tested PFAS, even at sub-micromolar concentrations,
elicited significant effects across multiple physiological domains. Interestingly, HFPO-DA
demonstrated the most substantial impact across all endpoints tested, indicating broad and
significant biochemical and neurotoxic effects. Our findings underscore the potential risks
of both legacy and emerging PFAS to soil ecosystems, emphasising the need for further
research to understand the long-term consequences of PFAS contamination.

Keywords: acetylcholinesterase; catalase; immune response; phenol oxidase; poly and
perfluoroalkyl substances; superoxide dismutase

1. Introduction

Per- and polyfluoroalkyl substances (PFAS) are persistent organic pollutants that
have become a global health and environmental concern [1]. These chemicals, used in
various industrial and consumer products, are ubiquitous in the environment, detected
in air, water, soil, and biota [2,3]. Legacy PFAS, such as perfluorooctanoic acid (PFOA)
and perfluorooctanesulfonic acid (PFOS), have been widely used for decades and are now
subject to increased regulatory restrictions due to their persistent and bioaccumulative
nature. In contrast, emerging PFAS are newer compounds developed to replace legacy
PFAS and are often under-researched in terms of their environmental and health impacts.
Major sources of PFAS release include industrial processes, firefighting foams, landfills,
and wastewater treatment plants [4]. Due to their persistence and mobility, PFAS can
accumulate in organisms and biomagnify through food webs [5,6].
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Soil acts as a significant reservoir for PFAS [7]. The bioavailability of PFAS in soil
depends on various factors, including soil properties, PFAS chain length, and the presence
of other contaminants [8–11]. Longer-chain PFAS tend to be more strongly adsorbed to soil
particles, while shorter-chain PFAS may leach more easily into groundwater or volatilise
into the air [12,13].

PFAS contamination may pose a risk to soil biodiversity and ecosystem function.
Earthworms are particularly vulnerable as a keystone species in soil ecosystems. These
organisms play crucial roles in nutrient cycling, organic matter decomposition, and soil
structure maintenance [14]. The toxic effects of PFAS on earthworms can disrupt these
ecological functions and potentially impact higher trophic levels.

While acute toxicity of PFAS in earthworms and mammals, including humans, is
relatively low [15,16], recent studies have highlighted their potential for sublethal effects
across a wide range of organisms [17]. The International Agency for Research on Cancer
(IARC) recently classified PFOA, a legacy perfluoroalkyl carboxylic acid (PFCA), as a
Group 1 carcinogen due to its long-term toxicity in humans [18]. This underscores the
importance of investigating sublethal mechanisms and chronic exposure effects of both
legacy and emerging PFAS. Earthworms are valuable model organisms for assessing PFAS
ecotoxicology [5,15,19,20]. They can readily accumulate a range of PFAS, including short-
chain congeners, precursors, and fluorotelomers [6,19,21]. Biochemical and behavioural
biomarkers in earthworms offer a sensitive tool for monitoring soil health and assessing
the sublethal impacts of PFAS contamination [22–25].

In this study, we investigated the sublethal effects of PFAS on the earthworm Eisenia
fetida. These included three perfluoropropylene oxide acids (PFPOAs) hexafluoropropylene
oxide dimer acid (HFPO-DA, also known as GenX), perfluoro(2-methoxy)propanoic acid
(PFMOBA), and perfluoro(3-methoxy)propanoic acid (PFMOPrA) along with perfluorooc-
tanoic acid (PFOA) as a reference compound. HFPO-DA is widely used as a substitute
for PFOA in the production of polytetrafluoroethylene (PTFE), and during this critical
industrial process, PFMOBA and PFMOPrA may form as by-products [26]. Structurally,
the three PFPOAs differ from each other by only one carbon in their chain length, enabling
a comparative assessment of how specific alterations in molecular configuration influence
their environmental behaviour and toxicity. By examining these closely related compounds,
we aim to provide a deeper understanding of their modes of action, thereby informing risk
assessments and guiding future regulatory decisions.

We exposed earthworms to PFAS through contact for 72 h and assessed a suite
of biochemical endpoints (catalase, superoxide dismutase, phenol oxidase, and acetyl-
cholinesterase activities) alongside behavioural responses, each reflecting distinct aspects
of earthworm physiology. This research aims to enhance our understanding of the sublethal
toxicity of emerging PFAS and contribute to a comprehensive risk assessment of these
ubiquitous contaminants.

2. Materials and Methods

2.1. Chemicals

PFAS congeners of the highest available purity were purchased from the following
suppliers:

2,2,3,3,4,4,5,5,6,6,7,7,8,8,8-pentadecafluorooctanoic acid (PFOA, CAS No. 335-67-1,
95%) from Merck (Darmstadt, Germany);

2,3,3,3-tetrafluoro-2-(1,1,2,2,3,3,3-heptafluoropropoxy)propanoic acid (HFPO-DA, CAS
No. 13252-13-6, 97%) from SynQuest Laboratories, Inc. (Alachua, FL, USA);

2,2,3,3-tetrafluoro-3-(trifluoromethoxy)propanoic acid (PFMOPrA, CAS No. 377-73-1,
98%) from SynQuest Laboratories, Inc. (Alachua, FL, USA); and
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2,2,3,3,4,4-hexafluoro-4-(trifluoromethoxy)butanoic acid (PFMOBA, CAS No. 863090-
89-5, 97%) from Apollo Scientific (Bredbury, UK).

All other chemicals were of analytical grade.

2.2. Animals and Treatments

Eisenia fetida (Savigny, 1826) earthworms were cultured in a controlled environment
(20 ± 2 ◦C, complete darkness) using a 1:1 mixture of sphagnum peat and organic garden
soil, moistened to approximately 50% of its maximum water-holding capacity with de-
ionised water. The pH was maintained at 6.0 ± 1.0 using calcium carbonate (CaCO3).
Earthworms were fed weekly with manure from healthy, medication-free horses sourced
from a local farm. A homogenous culture of adult earthworms (wet weight after gut content
clearance: 0.58 ± 0.08 g, mean ± standard error) was obtained for the experiments. Adult
earthworms were allowed to lay cocoons in fresh substrate for 4 weeks and then removed.
The resulting juveniles were reared to adulthood (indicated by the appearance of a visible
clitellum) for approximately 16 weeks.

Individual adult earthworms were placed in 7 cm plastic Petri dishes lined with a
3M No. 3 filter paper moistened with 1 mL of the respective PFAS solution or vehicle
control (0.005% 2-propanol). Exposures were conducted for 72 h according to a modified
OECD Test Guideline No. 207 filter paper contact test [27]. Stock solutions of PFOA,
HFPO-DA, PFMOBA, and PFMOPrA were prepared in 2-propanol at 0.54 M [28] and then
diluted in a 171 mOsmol kg−1 physiological solution, pH 7.3 [29], to achieve the desired
test concentrations (229 μM, 31 μM, 4.2 μM, 0.6 μM). The concentration of 2-propanol in
the control was minimised to match the concentration used in the test solutions.

The PFAS concentration range was determined through preliminary mortality tests
conducted in accordance with OECD 207 guidelines, which confirmed that the tested PFAS
congeners were non-lethal at concentrations up to the millimolar range. Sublethal concen-
trations were selected in the micromolar range to reflect levels reported in environments
contaminated by AFFF-derived PFAS. The geometric progression, with a factor of e2 (where
e is Euler’s number, approximately 2.718, and e2 ≈ 7.389), was initiated from environmen-
tally measured levels of total PFAS found in soil at a pilot site studied within the framework
of the SCENARIOS project (https://scenarios-project.eu) (accessed on 1 November 2024),
ensuring an even distribution across the range while maintaining environmental relevance.
Five experimental groups were established for each PFAS, with each group exposed to
a different concentration. Each group consisted of 10 replicates (Petri dishes), with one
earthworm per dish. Exposures were conducted at 20 ◦C in the darkness, with humidity
controlled to prevent filter paper desiccation. Following the 72h exposure, earthworms
were immediately subjected to a behavioural escape test (see Section 2.6) and then stored at
−80 ± 1 ◦C until further analysis.

2.3. Biochemical Determinations
Oxidative Stress Biomarkers

Earthworms were homogenised in an ice-cold buffer (100 mM Tris-HCl, pH 7.6, 0.1%
Triton X-100) using a glass–Teflon Potter–Elvehjem homogeniser. Homogenates were
centrifuged at 10,000× g for 20 min at 4 ◦C, and the resulting supernatant (SN10) was
collected. Catalase (CAT) activity in SN10 was determined using a native in-gel assay [30].
Total protein content in SN10 was determined using the Bradford assay with bovine serum
albumin as a standard. Briefly, SN10 samples were diluted to a final protein concentration
of 7.5 μg per sample in 0.05 M Tris-HCl, pH 6.8, 50% glycerol, 0.05% bromophenol blue.
Samples and bovine erythrocytes catalase (1 μg) were loaded onto precast non-denaturing
12% polyacrylamide gels (Mini-PROTEAN® TGX™, Bio-Rad Laboratories, Hercules, CA,

101



J. Xenobiot. 2025, 15, 2

USA) and electrophoresed at 150 V for 90 min at 4 ◦C in running buffer, 0.05 M Tris-HCl,
pH 8.3, 0.3 M glycine.

After electrophoresis, gels were washed three times for 5 min in ultrapure water
(18 MΩ·cm) and then incubated for 10 min in a freshly prepared 0.01% hydrogen peroxide
solution diluted from a 30% stock (Merck, Darmstadt, Germany). Gels were washed again
twice in ultrapure water and then incubated with gentle agitation in a freshly prepared
staining solution containing 2% ferric chloride hexahydrate and 2% potassium ferricyanide
trihydrate (Merck, Darmstadt, Germany). Catalase activity appeared as clear bands against
a blue-green background. Band intensities were semi-quantified by densitometry using
ImageJ v.1.54K software and compared to a standard curve generated with bovine catalase.

Superoxide dismutase (SOD) activity was also determined in SN10 using a competitive
assay. This assay, based on the inhibition of tetrazolium salt reduction by superoxide
radicals, was performed using a commercial reagent system (SOD Assay Kit, Merck,
Darmstadt, Germany) and an SOD standard curve for quantification. Each sample in the
96-well plate contained 7.5 μg of protein in a final volume of 100 μL.

2.4. Phenol Oxidase Activity

Phenol oxidase (PO) activity was determined in the SN10 supernatant. The assay was
performed in 96-well microplates using a reaction mixture containing 100 mM Tris-HCl
buffer, pH 8.0, 50 mM CaCl2, and 10 mM L-DOPA, as reported by Prochazkova et al.
(2019) [31]. Eighty microliters (80 μL) of this reaction mixture were combined with 7.5 μg of
protein in 10 μL of each SN10 sample. The microplate was then incubated for 4 h at 25 ◦C in
a dark environment. Following incubation, the absorbance at 492 nm was measured using
an Infinite F200 PRO spectrophotometer (Tecan Group Ltd., Männedorf, Switzerland).

2.5. Acetylcholinesterase Activity

Acetylcholinesterase (AChE) activity was determined spectrophotometrically in the
SN10 supernatant using a commercially available kit (Acetylcholinesterase Assay Kit, Ikzus,
Italy) adapted to a microplate format. Briefly, 7.5 μg of protein in a final volume of 200 μL
was added to each well. The assay was based on the conversion of acetylthiocholine to
thiocholine by AChE, which subsequently reacts with Ellman’s reagent (5,5′-dithiobis-
(2-nitrobenzoic acid), DTNB) to produce a yellow product. The reaction kinetics were
monitored at 405 nm for 10 min using a microplate reader, and the AChE activity was
calculated as nmol/min/mg protein after pathlength correction.

2.6. Escape Test

The escape test was conducted in a circular plastic arena (approximately 40 cm in
diameter) containing an inverted 9 cm Petri dish lid placed in the centre. One millilitre
(1 mL) of 200 mM NaCl solution was deposited onto the centre of the lid. An individual
earthworm was then placed directly into the NaCl droplet, and the time taken for the
earthworm to completely leave the droplet was recorded. A maximum escape time of
20 min was set; if an earthworm did not exit within this time frame, the escape time was
recorded as 20 min. This escape test protocol was a modification of the method described
by Da Cruz Jung et al. (2021) [32]. After each trial, both the arena and Petri dish lid were
thoroughly rinsed with tap water, followed by distilled water to remove any residual
mucus that could potentially influence subsequent tests.

2.7. Statistical Analysis

Statistical analysis of the data was performed using GraphPad Prism™ 9 (GraphPad
Software, San Diego, CA, USA) and Systat 12 (Systat Software Inc., San Jose, CA, USA).
Data were first assessed for normality and homoscedasticity. Normally distributed data
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with equal variances were analysed using one-way analysis of variance (ANOVA), followed
by Holm–Sidak’s multiple comparison test. In cases of unequal variances, Brown–Forsythe
ANOVA with Dunnett’s T3 post hoc test was applied. For data that did not meet the
assumptions of normality, the non-parametric Kruskal–Wallis test was used, followed by
either Dunn’s multiple comparison test or an uncorrected Dunn’s multiple comparison
test.

3. Results

3.1. Antioxidant Enzyme
3.1.1. Catalase Activity

The effects of a 72 h exposure to PFOA and three PFPOA congeners—HFPO-DA, PF-
MOBA, and PFMOPrA—on the catalase (CAT) activity of Eisenia fetida tissue supernatants
are presented in Figure 1.

Figure 1. CAT (catalase) activity. Data are presented as the mean activity per mg of protein ± standard
error of the mean (SEM). Statistical significance was determined by the Kruskal–Wallis test followed
by a post hoc Dunn’s multiple comparison test. * p < 0.05; ** p < 0.01; *** p < 0.001; **** p < 0.0001;
ns, not statistically significant. The x-axis reports PFAS concentrations in μM, and Ctr represents
vehicle-exposed earthworms. Lines above the histogram bars indicate statistical significance between
PFAS-treated groups and the control. Each panel represents results for a different PFAS compound:
(a) HFPO-DA, (b) PFMOBA, (c) PFMOPrA, and (d) PFOA.
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Overall, exposure to PFPOA congeners resulted in significant increases in catalase ac-
tivity compared to the control, whereas PFOA did not induce a consistent trend. Among the
PFPOAs, PFMOPrA exhibited the most pronounced and concentration-dependent effect.

At 0.6 μM, only HFPO-DA caused a significant increase in catalase activity compared
to the control (p < 0.05). PFMOBA, PFMOPrA, and PFOA did not show significant changes
at this concentration. At 4.2 μM, both PFMOBA and PFMOPrA significantly increased
catalase activity (p < 0.05 and p < 0.01, respectively), while HFPO-DA and PFOA did not
exhibit significant effects. PFMOPrA’s effect was more substantial than that of PFMOBA
at this concentration. At 31 μM, PFMOBA and PFMOPrA continued to show significant
enhancements in catalase activity (p < 0.001 and p < 0.01, respectively). HFPO-DA did
not elicit significant changes at this concentration, and PFOA remained without effect. At
229 μM, PFMOPrA induced the most pronounced increase in catalase activity, tripling
enzyme functionality compared to the control (p < 0.0001). HFPO-DA also showed a
significant increase at this concentration (p < 0.001), whereas PFMOBA did not produce a
significant effect. PFOA did not significantly affect catalase activity at this concentration.

In contrast to the PFPOA congeners, PFOA exposure did not result in significant
increases in catalase activity at any concentration. At 4.2 μM, PFOA exposure led to a
decrease in catalase activity that approached statistical significance (p = 0.05).

Comparatively, PFMOPrA demonstrated the most consistent and robust increase in
catalase activity across all concentrations, indicating a clear concentration-dependent effect.
PFMOBA also showed significant increases at intermediate concentrations but lacked a
consistent dose-response trend. HFPO-DA’s effects were significant only at the lowest and
highest concentrations, without a clear pattern. The lack of effect by PFOA suggests a
distinct mode of action compared to the PFPOA congeners.

These findings indicate that PFPOA congeners, particularly PFMOPrA, may induce
oxidative stress responses in earthworms, as evidenced by increased catalase activity,
whereas PFOA does not elicit a similar response.

3.1.2. Superoxide Dismutase Activity

Figure 2 illustrates the effects of PFAS exposure on superoxide dismutase (SOD)
activity in Eisenia fetida tissue extracts.

PFOA treatment resulted in an overall increase in SOD activity, primarily driven
by a significant enhancement at the lowest concentration tested (0.6 μM, p < 0.001). No
significant changes were, in fact, observed at higher concentrations.

HFPO-DA exposure caused a consistent and significant decrease in SOD activity
across all concentrations. The most substantial reduction occurred at 31 μM (p < 0.001),
with significant decreases to a similar extent also noted at 0.6 μM, 4.2 μM, and 229 μM (p <
0.05). This suggests that HFPO-DA inhibits SOD activity in a concentration-independent
manner.

PFMOBA and PFMOPrA exposures did not produce statistically significant changes
in SOD activity at any concentration, indicating a lack of effect on this enzyme.

Comparing the compounds, PFOA and HFPO-DA exhibited opposing effects on SOD
activity. PFOA increased SOD activity at low concentrations, while HFPO-DA decreased it
across all concentrations. PFMOBA and PFMOPrA did not significantly affect SOD activity,
suggesting they do not impact this aspect of the antioxidant defence system.

These results imply that PFOA and HFPO-DA may modulate oxidative stress path-
ways differently, with PFOA potentially enhancing and HFPO-DA inhibiting the earth-
worm’s ability to mitigate oxidative stress through SOD activity.
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Figure 2. SOD (superoxide dismutase) activity. Statistical significance was determined by ANOVA
followed by a post hoc Holm–Sidak’s multiple comparison test. * p < 0.05; ** p < 0.01; and *** p < 0.001;
ns, not statistically significant. The line above the histogram bars indicates statistical significance
between PFAS-treated groups and the control. Each panel represents results for a different PFAS
compound: (a) HFPO-DA, (b) PFMOBA, (c) PFMOPrA, and (d) PFOA. See caption to Figure 1 for
more details.

3.2. Phenol Oxidase Activity

Figure 3 presents the changes in phenol oxidase (PO) activity in the haemolymph
(serum) of Eisenia fetida after exposure to PFAS.

HFPO-DA exposure resulted in a significant reduction in PO activity compared to
control levels at all concentrations tested. The most pronounced decrease was observed at
31 μM (p < 0.001).

PFMOBA exposure led to a significant decrease in PO activity only at the highest
concentration of 229 μM (p < 0.01), while lower concentrations did not produce significant
effects.

PFMOPrA demonstrated the strongest inhibitory effect on PO activity among the
compounds tested, with significant reductions observed at all concentrations (p < 0.0001).
This indicates a potent effect on the earthworm’s immune function, as PO is crucial in
defence mechanisms.

105



J. Xenobiot. 2025, 15, 2

Figure 3. Phenol oxidase. A semi-quantitative evaluation was performed following the absorption
(abs) at 590 nm due to L-DOPA oxidation. Statistical significance was determined by the Kruskal–
Wallis test followed by a post hoc Dunn’s multiple comparison test. ** p < 0.01; *** p < 0.001; and
**** p < 0.0001; ns, not statistically significant. The line above the histogram bars indicates statistical
significance between PFAS-treated groups and the control. Each panel represents results for a different
PFAS compound: (a) HFPO-DA, (b) PFMOBA, (c) PFMOPrA, and (d) PFOA. See caption to Figure 1
for more details.

PFOA exposure did not significantly affect PO activity at any concentration, suggesting
it does not impact this immune parameter.

PFMOPrA had the most substantial inhibitory effect on PO activity, followed by
HFPO-DA. PFMOBA’s effect was significant only at the highest concentration, and PFOA
did not affect PO activity.

These results suggest that the emerging PFPOA compounds, particularly PFMOPrA
and HFPO-DA, may impair immune function in earthworms by inhibiting PO activity,
whereas PFOA lacks this effect.

3.3. Acetylcholinesterase Activity

Figure 4 depicts the effects of PFAS exposure on acetylcholinesterase (AChE) activity
in Eisenia fetida tissues.
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Figure 4. Acetylcholinesterase activity. Statistical significance was determined by the Brown–Forsythe
ANOVA test, followed by a post hoc Dunnett’s T3 test. * p < 0.05; ** p < 0.01; *** p < 0.001; and
**** p < 0.0001; ns, not statistically significant. The line above the histogram bars indicates statistical
significance between PFAS-treated groups and the control. Each panel represents results for a different
PFAS compound: (a) HFPO-DA, (b) PFMOBA, (c) PFMOPrA, and (d) PFOA. See caption to Figure 1
for more details.

HFPO-DA exposure resulted in a significant decrease in AChE activity across multiple
concentrations. Significant reductions were observed at 0.6 μM (p < 0.01), 4.2 μM (p < 0.001),
31 μM (p < 0.0001), and 229 μM (p < 0.05), indicating a dose-dependent inhibitory effect.

PFOA exposure led to a moderate decrease in AChE activity that was statistically sig-
nificant at 4.2 μM (p < 0.05), suggesting a potential inhibitory effect, though less pronounced
than that of HFPO-DA.

PFMOBA exposure exhibited threshold-like effects, with a significant reduction ob-
served only at 229 μM (p < 0.05).

PFMOPrA did not significantly affect AChE activity at any concentration tested,
indicating a lack of effect on this enzyme.

Comparing the compounds, HFPO-DA had the most robust inhibitory effect on AChE
activity, showing significant decreases across all concentrations. PFOA and PFMOBA
exhibited moderate inhibitory effects at specific concentrations, while PFMOPrA did not
affect AChE activity.

These findings suggest that HFPO-DA may interfere with cholinergic neurotrans-
mission in earthworms by inhibiting AChE activity, which could impact neuromuscular
function.
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3.4. Escape Test

The behavioural effects of PFAS exposure were evaluated using an escape latency test,
with results presented in Figure 5.

Figure 5. Escape test. Statistical significance was determined by the Kruskal–Wallis test, followed
by a post hoc uncorrected Dunn’s test. * p < 0.05; ns, not statistically significant. The line above the
histogram bars indicates statistical significance between PFAS-treated groups and the control. Each
panel represents results for a different PFAS compound: (a) HFPO-DA, (b) PFMOBA, (c) PFMOPrA,
and (d) PFOA. See caption to Figure 1 for more details.

PFOA exposure resulted in a significant reduction in median escape latency compared
to the control group (p < 0.05), indicating a quicker escape response. This effect was more
consistent across the higher concentrations tested.

HFPO-DA and PFMOBA exposures led to increases in escape latency times, with
some specimens exhibiting prolonged responses. For HFPO-DA, several earthworms failed
to escape within the full duration of the assay (20 min), resulting in a positively skewed
distribution and higher mean latency times.

PFMOPrA exposure did not produce significant changes in median escape latency
compared to the control, though the data distribution showed instances of both longer and
shorter latency times.
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The distribution of latency times for PFAS-exposed groups differed significantly
from that of the control group (Kolmogorov–Smirnov test, p < 0.05), indicating that PFAS
exposure affects the behavioural responses of earthworms (Table 1).

Table 1. Escape latency time statistics. Shown are descriptive statistics obtained for the different
tested conditions. All time data are expressed in seconds.

CTRL HFPO-DA PFMOBA PFMOPrA PFOA

No. of cases 28 28 28 28 28
Minimum 22 15 8 10 2
Maximum 518 1220 1220 1220 1220
Range 496 1205 1212 1210 1218
Sum 7551 11,265 10,349 7591 6560
Median 283 21 296 257 169
Arithmetic Mean 269.68 402.35 369.61 271.11 234.29
SE 25.17 70.51 55.8 45.36 54.35
95,% Lower Confidence Limit 218.03 257.65 255.11 178.04 122.78
95,% Upper Confidence Limit 321.33 547 484.11 364.17 345.8
Standard Deviation 133.2 373.1 295.28 240.01 287.58
Shapiro–Wilk Statistics 0.96 0.84 0.91 0.79 0.74
Shapiro–Wilk p-value 0.26 0.001 0.016 0.0001 0.0001

Figure 6 shows histograms of latency times, highlighting deviations from the symmet-
rical distribution observed in the control group. PFAS-treated groups exhibited non-normal
distributions with positive skewness, suggesting the presence of more extreme values.

Figure 6. Histogram of latency times obtained from the escape test. The binned counts show the
deviations of PFAS specimens from the symmetrical distribution of the control group. A biphasic
response is observed, with a general increase in latency times for PFAS treatment. However, PFOA
showed quicker median performance as judged by the U-statistics results (see body text).

PFOA exposure led to a faster escape response, while HFPO-DA and PFMOBA expo-
sures resulted in delayed responses for some specimens. PFMOPrA had variable effects
without significant changes in median latency.

These results suggest that PFAS compounds can affect the behavioural responses
of earthworms, potentially impacting their ability to respond to adverse environmental
conditions.

A Principal Component Analysis (PCA) was conducted using all data gathered in this
study (Supplementary Figure S1). The PCA revealed separation among the treatments,
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suggesting distinct or partially overlapping modes of action and biochemical interactions
for each PFAS congener. HFPO-DA and PFOA appeared clearly separated in the first
and fourth quadrants of the loading plot, respectively. PFMOBA was intermediate, while
PFMOPrA was separated in the third quadrant. The differences observed in the PCA were
driven primarily by catalase and SOD activities in the first principal component (PC1) and
acetylcholinesterase activity in the second principal component (PC2).

To complement the PCA analysis, an expert system classification was applied to com-
pare the relative potency of the PFAS congeners based on five biochemical and behavioural
endpoints: catalase, SOD, phenol oxidase, acetylcholinesterase activities, and escape la-
tency. HFPO-DA ranked as the most potent compound, with the highest cumulative score
(25), followed by PFMOPrA (20), PFMOBA (13), and PFOA (10). This classification, ex-
cluding PCA to avoid redundancy, highlighted HFPO-DA’s consistent and broad toxicity
profile, underscoring its significant ecotoxicological risk. Further details are provided in
Supplementary Figure S2 and in Tables S1–S3 (see Supplementary Information).

4. Discussion

The accumulation of PFAS in the environment and their subsequent transfer through
trophic chains have led to increased studies aimed at determining their impact on ecosys-
tems. Ecotoxicological studies on well-characterised environmental models, such as earth-
worms, are valuable tools for assessing the potential toxicity of persistent contaminants like
PFAS, focusing on their bioavailable fraction. Numerous studies report the accumulation
of PFAS in various invertebrate organisms [6,8,33–36] and vertebrates [37–40]. The effects
of PFAS on these organisms are diverse, varying according to their composition (with
thousands of congeners), concentration, exposure time, and the species affected. Therefore,
exposure to PFAS can lead to a range of consequences, from subtle biochemical changes to
severe physiological disruptions.

One target of PFAS is cellular metabolism, and it has been observed that PFAS toxicity
manifests at the molecular level by altering enzyme activities involved in metabolic path-
ways. This can affect growth, reproduction, and, in the most severe cases, the survival of
the organism. In human hepatoma cells (HepG2), exposure to PFOA and PFOS resulted in
an increase in the activity of superoxide dismutase (SOD) and catalase (CAT), as reported
by Bonato et al. (2020) [41] in a review of findings on PFAS affecting oxidative stress
biomarkers in vitro and in vivo. These studies showed that PFOA and PFOS can over-
whelm the balance of the antioxidant system, increase ROS generation, affect mitochondria,
and initiate apoptosis. Mitochondrial dysfunction has also been reported in zebrafish [42].

Our study provides critical insights into the biochemical and behavioural impacts of
per- and polyfluoroalkyl substances (PFAS) on terrestrial oligochaetes, particularly Eisenia
fetida. Given the limited data on PFAS effects in terrestrial organisms, our aim was to
evaluate a broad spectrum of biochemical biomarkers, including parameters related to
oxidative stress, immunotoxicity, and neurotoxicity, with a particular focus on behaviour.
In our study, we found no mortality up to a concentration of 4.6 mM suggesting that acute
toxicity is not the primary concern with PFAS, including next-generation congeners. This
finding is consistent with previous findings with either legacy PFAS, i.e., no mortality up to
100 mg kg−1 [43], or alternative congeners such as C6O4, a perfluoroalkyl ether com-
pound [16]. In the latter case, significant acute toxicity is reported only at high concen-
trations (NOEC, 1390 mg/kg dry weight (d.w.)) while highlighting more pronounced
reproductive effects at lower levels (EC50: 10.4 mg/kg d.w.; EC10: 0.8 mg/kg d.w.). These
results emphasise the potential for chronic toxicity due to sublethal impacts observed at
sub-micromolar concentrations.
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The first hypothesis of PFAS toxicity we tested was the superoxide theory, which
can lead to mitochondrial dysfunction and neurotoxicity as shown in nematodes [44]. In
our study, we observed a significant response of superoxide dismutase (SOD) activity
in organisms exposed to PFOA, characterised by an initial increase at lower exposure
levels followed by a return to basal levels. This pattern mirrors findings reported by
Wang et al. (2021) [45] in terrestrial oligochaetes, where SOD activation was noted at low
pollutant levels but declined at higher PFOA concentrations. Interestingly, our study also
revealed a similar trend in earthworms exposed to HFPO-DA, with all exposure conditions
(ranging from 0.6 to 229 μM) resulting in SOD inhibition. Additionally, while PFMOBA
and PFMOPrA induced slight and non-significant alterations in superoxide dismutase
activity in Eisenia fetida, these changes indicated a trend towards reduced enzyme function.
The exact mechanisms behind these effects are difficult to pinpoint, but some authors have
suggested the possibility of enzyme inhibition due to the accumulation of oxidising agents
in the organism’s body [45]. Moreover, it has been shown that certain PFAS congeners, such
as PFOA and PFOS, can bind to the SOD enzyme, causing a change in its function [46,47].
The antioxidant defence system plays a crucial role in the toxicological interactions of PFOS
and PFOA in Daphnia magna [46]. Exposure to PFAS appears to promote the accumulation
of superoxide anions, which may induce the activation of the SOD synthesis pathway
through mechanisms such as gene expression changes. The observed reduction in activity
may also reflect a compensatory response following an initial enzyme peak or a metabolic
effect at the level of gene or protein expression [48]. These factors could not be fully
tested due to the limitations of our experimental design, which prioritised the number and
concentrations of PFAS congeners in alignment with the 72 h period specified in OECD Test
Guideline No. 207. However, the observed loss of SOD activity may indicate long-term
toxicity of PFAS and therefore warrants further investigation in future studies.

The catalytic action of SOD is generally followed by catalase activity, which completes
the detoxification process eliminating hydrogen peroxide from the cytoplasm. The various
tests carried out in this study showed different responses of catalase between the legacy
PFAS (PFOA) and the PFPOA congeners. In fact, the interesting aspect is that what has been
observed with SOD is reciprocal to the effects on catalase: PFOA had no significant effects,
whereas HFPO-DA, PFMOBA, and PFMOPrA appeared to stimulate catalase activity in
Eisenia fetida in an increasing manner with C4 > C5 > C6. This means that these substances
are likely to cause an increase in ROS concentration and a proactive detoxifying response.
PFMOPrA induced a clear concentration-dependent increase in the detoxifying activity of
CAT. In PFMOBA, this trend is also present with a decrease at the highest concentration,
which is, however, an effect commonly described in the literature as the peak effect [49].
In fact, at the highest PFAS concentration (229 μM), excessive production of H2O2 might
impair the antioxidant capacity of terrestrial oligochaetes, and, consequently, catalase was
inhibited. Similar results have been reported by Zhao et al. (2017) [50], even though our
study is based on a short-term filter paper exposure and theirs on a long-term approach
in soil.

We then investigated the potential effects of new-generation PFAS compounds on
the activity of phenol oxidase (PO), a key enzyme in the innate immune system. PO is
crucial in the melanin cascade, promoting pathogen encapsulation and destruction. It is
worth noting that there is a connection between superoxide and phenol oxidase activity.
Both legacy and next-generation PFAS can alter the activity of antioxidant enzymes such
as superoxide dismutase, catalase and peroxidase [41,51], which play an essential role in
limiting the excessive formation of ROS by acting as a first line of defence against ROS-
mediated tissue damage. Earthworm coelomocytes can synthesise melanin through the
action of phenol oxidase, which is useful for encapsulating and dissociating pathogens from
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the organism. It should also be noted that highly reactive, toxic quinone intermediates are
formed during this melanisation process [52]. Studies have shown that phenol oxidase has
a fungicidal, bactericidal, and antiviral effect and is, therefore, an important component of
the innate immune system of invertebrates [53]. In our study, a decrease in phenol oxidase
activity was observed in PFAS-treated samples after exposure of earthworms to PFAS. The
results of our investigation are consistent with previous studies that have demonstrated
the detrimental effects of PFAS exposure on the activity of important enzymes involved in
antioxidant defence mechanisms and innate immunity. The observed reduction in phenol
oxidase activity indicates a potential disruption of the earthworms’ ability to mount an
effective immune response against pathogens. In mammals, PFAS exposure has been shown
to alter CD4+ and CD8+ T cell populations, reducing their functionality and increasing
pro-inflammatory cytokines like IL-1β, which compromises cell-mediated immunity [54].
Moreover, over the past decade, numerous epidemiological studies have highlighted the
ability of PFASs to affect the immune system through immunosuppressive action, finding
a decrease in antibody production with increasing PFAS levels in serum [55,56]. Our
findings of disrupted PO activity in earthworms suggest a potential commonality in PFAS-
induced immunotoxicity across different immune systems. This highlights the need for
further studies to explore these parallels and inform comprehensive risk assessments of
PFAS exposure.

AChE plays a very important role in the function of the neuromuscular system as
it prevents continuous muscle contractions. Inhibition of AChE causes dysfunction in
organisms, such as behavioural changes, paralysis, and death. AChE activity has been
used to analyse soil contamination effects mediated by a broad spectrum of molecules,
such as organophosphate pesticides, carbamates, persistent organic pollutants (POPs),
and polycyclic aromatic hydrocarbons (PAHs) [22,57,58]. Mulkiewicz et al. (2007) [59]
demonstrated AChE inhibitory effects of PFAS, i.e., perfluorocarboxylic acid congeners,
including PFOA with IC50 in the mM range using an in chemico assay with the eel AChE
enzyme. A study by Li (2007) [60] in Dugesia planaria showed in vivo AChE inhibition
(about 30%) at PFOA concentrations similar to the highest dose levels adopted in our study.
Other studies in planaria and Daphnia reported enzyme modulation due to PFOS [61].
A study by Nusair et al. (2017) [62] on Eisenia andrei showed that polychlorinated flame
retardants may have the ability to block the action of AChE in earthworm specimens by
30%, but no effects of PFAS on oligochaete have been reported so far. Nevertheless, Yang
et al. (2019) [46] proposed a mechanism of inhibition due to physical interactions of PFAS
and the enzyme molecule, as shown by docking studies using genuine D. magna AChE-
inferred protein sequence. In our study, the effect found in tests conducted on HFPO-DA is
very similar to that of PFOA. In contrast, PFMOPrA and PFMOBA show results that are of
little or no statistical significance. The signalling mechanisms for the inhibition of AChE
by PFAS are still unclear and under investigation. For other compounds, however, they
appear to be based on regulation at the gene expression level. The fact that the differences
in AChE activity were not extreme suggests that these chemicals do not have a specific
effect on the catalytic site of the enzyme. However, the effects observed on HFPO-DA and
PFOA suggest that these chemicals do influence the activity of AChE.

Previous work has shown that enzymatic inhibition of AChE and increased acetyl-
choline synthesis also affect behaviour [62]. In a recent study on Eisenia fetida exposed
to polycyclic aromatic hydrocarbons such as fluorene, He et al. (2023) [63] reported how
altered AChE signalling affects avoidance behaviour, i.e., the organisms tested are less
efficient at perceiving the presence of abiotic stress and also show altered growth and
metabolism. Moreover, studies on male mice exposed to PFOS during lactation showed
alterations in locomotor behaviour; in fact, treated mice were less active at the beginning of
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the experiment and had high activity at the end [64]. These animals also showed a reduced
transcription of the gene for AChE. Experiments concerning PFAS-induced neurotoxicity
mostly involve vertebrate animals, while studies on invertebrates are very few, and one
of these is the one carried out on C. elegans [65] subjected to PFAS treatment, in which the
animals showed clear locomotor deficits. In our study, results show that PFAS exposure,
including the relatively newer PFPOA congeners, exerts a possible neuromotor deregu-
lation in Eisenia fetida, and this effect has often been associated with AChE inhibition, a
common marker of neurotoxicity found to be affected by many organic compounds includ-
ing dioxins [66]. Behavioural responses, assessed through the escape test [34], revealed
statistically significant effects of PFOA on escape latency, with notable deviations from the
control group. This observation aligns with the findings in Lumbriculus variegatus, where
PFOS exposure significantly affected escape behaviour [67]. The data distribution for the
propylene oxide acids showed significant deviations from the control group, with increased
latency times suggesting neuromotor deregulation. These behavioural alterations might be
linked to the neurotoxic effects observed through decreased AChE activity. Mechanistic
studies on the (neuro)toxicity of new-generation PFASs such as HFPO-DA are still scarce
in the literature. To our knowledge, the only data found in the literature are from an
experiment conducted on zebrafish larvae exposed to HFPO-DA treatment from day 0
to day 5 post-fertilisation [68], where HFPO-DA did not elicit neurotoxicity during the
developmental stages of this organism. Despite this negative evidence, further measuring
of neurotransmitter levels in earthworm tissues might provide further clues about the
observed effects on locomotion.

This study sheds light on the sublethal impacts of short-chain PFPOA congeners,
which are currently under-investigated, on terrestrial invertebrates. This research reveals
that the sublethal effects of these compounds are evident and correlate with their specific
biochemical and behavioural profiles, as indicated by the comparative potency analysis.
The results demonstrate that HFPO-DA (C6) exerts the most pronounced effects, followed
by PFMOPrA (C4) and PFMOBA (C5), with PFOA showing the least impact. This highlights
the importance of considering both molecular structure and functional endpoints when
assessing the ecotoxicological risks of emerging PFAS compounds.

The hypothesis that HFPO-DA (C6) is the most active molecule among the tested PFAS
is supported by its impact on a wide range of measured variables. HFPO-DA significantly
increased catalase activity at both high (229 μM) and low (0.6 μM) concentrations, indi-
cating a significant influence on oxidative stress response. It consistently decreased SOD
activity across all concentrations, suggesting a disruption of the antioxidant defence system.
Furthermore, HFPO-DA significantly reduced phenol oxidase activity at 31 μM, potentially
impairing the immune response. Remarkably, it also showed the most substantial inhibitory
effect on AChE activity among the tested PFAS, implying a pronounced delay time in the
escape test. These findings, along with the PCA plot indicating a distinct separation of
HFPO-DA from other congeners and the expert system classification (Supplementary Infor-
mation), collectively suggest that HFPO-DA is the most potent disruptor of the measured
biological parameters in E. fetida.

One possible explanation for HFPO-DA’s heightened potency is its unique hexaflu-
oropropylene oxide functional group, which may enhance its ability to integrate into
and disrupt biological membranes. This structural feature could facilitate interactions
with key enzymes or proteins, leading to broader biochemical impacts. Additionally,
HFPO-DA’s physicochemical properties, such as its optimal balance of hydrophobicity
and hydrophilicity, may allow it to penetrate cell membranes more effectively, enabling
greater access to intracellular targets. In contrast, PFMOPrA’s smaller size and simpler
methoxy-functionalised structure may enhance its mobility and interaction with specific
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targets compared to PFMOBA, which is slightly larger and potentially less bioavailable.
These structural differences provide a plausible basis for the observed ranking in toxicity
and highlight the nuanced role of molecular structure in PFAS bioactivity.

This study bears limitations due to its short-term nature and would benefit from long-
term investigations. However, it showed remarkable effects on vital aspects of earthworm
metabolism, including antioxidant, immune, neurological, and behavioural functions,
starting from concentrations that are commonly found in hotspots of PFAS contamination
(0.6 μM PFOA equals nearly 250 ppb), such as firefighting sites and manufacturing districts.
Our study reveals significant biochemical, immunotoxic, neurological, and behavioural
effects of next-generation PFAS on earthworms at sub-micromolar levels. These findings
highlight a potential threat to soil health and biodiversity. Earthworms play a crucial role in
soil ecosystems by aiding nutrient cycling, organic matter decomposition, and maintaining
soil structure. The observed adverse effects indicate that PFAS contamination can disrupt
these essential ecosystem services, leading to broader ecological consequences. Disruption
of earthworm physiological functions can impair soil aeration, nutrient cycling, and organic
matter decomposition, potentially affecting soil fertility and plant growth. Moreover, earth-
worms serve as prey for a variety of animals, so adverse effects on earthworm populations
could have cascading impacts on food webs.

By highlighting the sublethal effects of next-generation PFAS, our study underscores
the importance of including terrestrial organisms in environmental risk assessments. Our
results suggest that these compounds warrant closer scrutiny to understand their potential
long-term impacts on soil ecosystems. Further research is needed to investigate the chronic
toxicity of PFPOAs, including reproductive and developmental endpoints, and to explore
the molecular mechanisms underlying the observed effects.

5. Conclusions

This study highlights the complex and varying impacts of different PFPOAs on terres-
trial invertebrates, emphasising that while acute toxicity appears low, chronic exposure
to even sublethal levels of these substances could result in significant physiological and
behavioural disruptions. The observed effects on antioxidant enzymes, immune func-
tion, neurotoxicity markers, and behaviour underline the multifaceted impact of PFAS.
Furthermore, the comparative potency analysis conducted in this study revealed that
HFPO-DA exhibits the most pronounced effects, followed by PFMOPrA, PFMOBA, and
PFOA, demonstrating the need for comprehensive ecotoxicological assessments that inte-
grate biochemical and behavioural endpoints alongside systematic potency classification
frameworks.
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Abstract: Agroecosystems provide habitats, food, and water for many pollinators and in-
sects, but they are also heavily exposed to threats from the widespread use of pesticides and
fertilizers. Managed honeybees and wild bees encounter pesticides in vineyards by collect-
ing morning dew from vine leaves and accessing sugars from grapes, particularly during
dry periods. This study assessed the toxicological effects of the commercial fungicide
formulations Fantic FNCWG® and Ramedit combi®, both individually and in combination,
on honeybees. Using a multi-biomarker approach, we evaluated neurotoxicity, metabolic
disturbances, phase II detoxification processes, and immune system function. Our findings
revealed that commercial fungicide mixtures with multiple active ingredients affect bees
differently than single active compounds. Biomarker responses highlighted how these
complex mixtures disrupt various enzymatic pathways; including immune function; alter-
ing critical enzyme kinetics involved in detoxification and potentially impairing essential
bee functions. This study emphasizes the need for more comprehensive research into the
sublethal effects of commercial pesticides, particularly those used in vineyards, which are
understudied compared to pesticides used in orchards.

Keywords: pollinators; pesticides; biomarkers; toxicological effects; agroecology

1. Introduction

The factors behind the loss of honeybees are many, and climate change, habitat
destruction, the increase in diseases and parasites [1,2], and exposure to heavy metals and
pesticides are the most important [3,4]. This last category of compounds is a threat of great
relevance to bees’ health, especially due to intensive agriculture, which led to a significant
increase in the use of pesticides in recent years [5]. The study of the negative effects of plant
protection products on honeybees has always focused on those substances that directly
come into contact with them such as insecticides, widely used in orchards, fungicides and
herbicides [6–8] and, more generally, the substances that act on flowers were bees feed. On
the other hand, it is increasingly important to study the effects of substances widely used
in crops where pollinators are not typically expected to be present, such as in vineyards [9].

Several European regions are famous for wine production, with many hectares of
land covered by vineyards as a monoculture. During droughts, when blooms are scarce,
vineyards become vital feeding grounds for bees, with honeybees gathering morning dew
from vine leaves and drawing sugar and water from the grapes.

These behaviors are accentuated by continuous climate change and can cause the
exposure of bees to a group of plant protection products little investigated. The main
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treatments applied in a grapevine are fungicides, among which copper and sulfur are
most frequent [10], but synthetic compounds also find frequent applications [11]. Copper-
based fungicides, such as Bordeaux mixture, are widely used to control the downy mildew
disease of grapevine cultivation [12,13]. Copper has been used in viticulture for more
than 150 years, at rates of up to 80 kg ha−1 per year, which has led to the accumulation
of copper in the topsoil of many vineyards [14]. The use of copper fungicides in organic
agriculture is currently restricted in Europe [15]. To date, the amount of copper intensively
used in organic farming is limited to 4 kg ha−1 per year in most European countries,
including Italy, France, and Spain [16]. Used in combination with copper, the cymoxanil
is a broad-spectrum, systemic fungicide used to protect various fruits, vegetables, and
field crops from a wide range of fungal diseases and is particularly effective in controlling
downy mildew [17,18]. It belongs to a class of aliphatic nitrogen compounds and functions
as a foliar fungicide with both protective and curative effects. The literature about the
toxicological effects of cymoxanil on bees or other insects is absent, and the literature about
the effects on vertebrates is scarce. According to a study by Ahmed et al. [19], cymoxanil
significantly increased levels of alkaline S-transferase (AST), alanine transaminase (ALT),
and alkaline phosphatase (ALP) in the serum and liver of mice, suggesting tissue necrosis
and potential leakage of these enzymes into the bloodstream.

The work of Chang et al. [20] suggested that famoxadone-cymoxanil can induce
developmental toxicity, immunotoxicity and neurobehavioral toxicity in zebrafish larvae.

Another fungicide widely used since the fifties in the vineyard is folpet. Folpet is
an organochlorine phthalimide with a molecular weight of 296.6 g/mol and is used as a
protective, broad-spectrum fungicide against leaf spot diseases in grapevines. It acts by
reacting with thiols, altering proteins and enzymes in fungi [21]. By nonspecific reaction
with thiols, folpet reacts with cysteine amino acids in proteins and glutathione, thus
affecting the function of many proteins and enzymes, altering honeybee worker gene
expression and disturbing energy production with a reduction in foraging activity and
hormonal dysregulation, such as the transition of nurse bees to foragers [22]. Moreover,
folpet was found to induce cytotoxicity and tumorigenic activity in the gastrointestinal
tract in mice [23] and mortality in larval stages of Rana temporaria and Bufotes viridis [24].

Folpet active principle studied by Canal-Raffin and collaborators [25] in the commer-
cial formulation, Folpan 80WG®, showed a cytotoxic effect on human bronchial epithelial
cells in vitro that could be in part explained by oxidative stress, lipid peroxidation and
antioxidant activity.

The ecotoxicological approach based on biomarkers permits highlighting the sublethal
effect caused by exposure to a specific contaminant or a mix of known or unknown contam-
inants. Biomarkers are a powerful tool for assessing the sub-lethal effects before irreversible
damage occurs to organisms and colonies [26]. Alterations at a lower biological level can
serve as important early warning signals to prevent macroscopic effects at the ecological
level [26].

Our study aimed to investigate the toxicological effects on honeybees, used as model
species, of the commercial formulation of two fungicides: FanticFNCWG® (folpet-based)
and Ramedit combi® (cymoxanil + copper-based), alone and in combination. A multi-
biomarker approach was applied to test neurotoxicity, measuring acetylcholinesterase
(AChE) and carboxylcholinesterase (CaE) activities, metabolic alterations with alkaline
phosphatase (ALP), the phase II of the detoxification process with glutathione S-transferase
(GST), and the efficiency of the immune system by evaluating lysozyme (LYS) and phe-
noloxidase (proPO, PO) activities.
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2. Materials and Methods

2.1. Chemicals

All the following chemicals were obtained from Sigma-Aldrich (St. Louis, MO, USA):
monobasic and dibasic sodium phosphate, sodium chloride (NaCl), PBS, Tritons X-100,
protease inhibitor cocktail powder; acetylthiocholine iodide (AcSCh.I), 5,5-dithio-bis(2,
nitrobenzoic acid) (DTNB); 1-chloro-2,4-dinitrobenzene (CDNB), reduced L-glutathione
(GSH); α-naphthyl acetate (αNA) and α-naphthyl butyrate (αNB); tris-hydroxy-methyl-
aminomethane (Tris), magnesium chloride (MgCl2), p-nitrophenyl phosphate (p-NPP);
Micrococcus lysodeikticus solution, egg whites from chicken (HEL); monobasic potassium
phosphate and bovine serum albumin (BSA), α-chymotrypsin, L-DOPA. BioRad Protein
stain was obtained from BioRad (Segrate, Italy), while Diff-Quick dye was from Bio-optica
(Milano, Italy). FANTIC F NCWG® was purchased from Gowan Italia S.r.l. (Faenza, Italy),
and Ramedit combi® from Isagro S.p.A (Faenza, Italy).

2.2. Laboratory Exposure Condition

The laboratory experiments were carried out using worker honeybees about three
days old that came from a synchronized brood from the same hive. During the experiment
honeybees were fed with sucrose solution (50%) with the addition of treatments; the
control consisted of only sucrose solution (50%). The feeding rate measured during the
administration of the treatments and the mortality rate were checked daily. Honeybees
were exposed to Fantic F NCWG® at 1 g/L (F1) and 2 g/L (F2), Ramedit combi® at 0.5 g/L
(R0.5) and 1 g/L (R1), and the mix of the two (MIX1: F1 + R0.5 MIX2: F2 + R1) fungicides.
The higher concentration used corresponded to the field application rates indicated on the
label. The exposure was carried on for 6 days, following the previous protocol used [26]. To
avoid a high mortality rate caused by captivity, the first day of the experiment was used for
the acclimatation of bees. From the second day, each group of treated honeybees (25 bees
in 2 cages for each treatment) was fed with a total of 12 mL of the treatment dissolved in
sugar syrup, administered on alternate days.

The commercial fungicide Fantic F NCWG® composition was benalaxyl-m 3.75% and
folpet 48.00% active ingredient and other coadjuvants not reported on the label, while
Ramedit Combi® composition was cimoxanil 4.2% + metallic copper (in the form of copper
oxychloride 39.75%) and other coadjuvants not on the label.

2.3. Samples Preparation and Enzyme Assays

At the end of the experiment, bees were anesthetized in ice (4 ◦C). The midgut was
then removed with small forceps, and the head was separated from the rest of the body. All
the samples were immediately frozen and stored at −80 ◦C. The brain was used to evaluate
esterase activity (AChE and CaE). Metabolic and biotransformation enzymes (GST, ALP)
and lysozyme activity (immune system) were evaluated on midgut extracts following the
methodologies by Caliani and collaborators [26]. PO and proPO activities were evaluated
in the thorax according to Burciaga and collaborators [27].

Tissue samples were pooled and weighed, and extraction medium was added in a
volume corresponding to 10% (wt/vol) of the tissue. The buffer contained 40 mM Na
phosphate buffer (pH 7.4), a mixture of protease inhibitors, and 1% Triton X-100. The
samples were homogenized by a tissue lyser homogenizer (Qiagen, Hilden, Germany) for
three periods of 30 s at 30 s intervals. After the homogenates were centrifuged at 4 ◦C for
20 min at 13,000× g for head and gut samples. The thorax and wings were removed, and
together with the abdomen, they were homogenized in PBS and subsequently homogenized
by a tissue lyser homogenizer (Qiagen) for three periods of 30 s at 30 s intervals. After the
homogenization, the samples were centrifuged at 4 ◦C at 15,000× g for 15 min.
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2.4. Pesticide Interaction Model

We applied the Pesticide Interaction Model according to Almasri et al. [28]. The IR
(interaction ratio) considers the mortality rate of bees in the control group with respect
to the treatment groups. The model obtained allows the identification of two different
toxicological behaviors: the additive IR ≥ 1 or the synergistic IR > 1 effect. When the IR
is <1, we have four other types of interaction: (i) purely antagonistic interaction when the
mixture has a lower effect in comparison with the lowest toxic substance; (ii) sub-additive
interaction, when the mixture has an effect higher than the most toxic substance but below
the expected mortality; (iii) sub-additive synergistic effect when the toxicity of the mixture
falls between the effects of the least toxic substance and the most toxic substance; or (iv) the
effect of the mixture was considered independent when it caused a mortality rate similar to
that of each pesticide individually [28].

2.5. Statistical Analysis

We tested significant differences in each biomarker between the control group, the
fungicide FANTIC F NCWG®, the fungicide Ramedit Combi®, and the mixture sam-
ples using the Kruskal–Wallis (KW) non-parametric test. We applied Dunn’s test with a
Benjamini–Hochberg stepwise adjustment for pairwise multiple comparisons when the null
hypothesis of the KW test was rejected. Statistical differences in food consumption were
tested using Student’s t-test. All analyses and graphical representations were implemented
with RStudio (2023.06.09) and R (version 4.2.2).

3. Results

3.1. Laboratory Exposure

The feeding and the mortality rate are reported in Figure 1A,B. Sugar syrup intake
was monitored after administering the treatment dose, with measurements taken for a total
of two inputs. Mortality was recorded cumulatively after the experiment.

  

(A) (B) 

Figure 1. Feeding rate (mean and standard deviation (A)) and mortality (B), of the honeybees exposed
to control (CTRL), fungicides Fantic®(F1, 1 g/L and F2, 2 g/L), Ramedit® (R0.5, 0.5 g/L and R1,
1 g/L), and two mixes of both fungicide (MIX1: F1 + R0.5; MIX2 F2 + R1).

All the treatments showed a reduction in food intake in the second input with respect
to the control without a statistical difference between the inputs (t-test 1.97; p = 0.096).
However, all the experimental groups had feeding rate values not lower than 66%. The
feeding results confirm the full intake of the fungicides Fantic® and Ramedit® from the
honeybees exposed.
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The mortality rate of honeybee specimens exposed to the fungicides Fantic® and
Ramedit® is presented in Figure 1. These data are necessary to apply the Pesticide Interac-
tion Model. Following Almasri et al. [12], the higher toxicity of a compound is associated
with higher mortality, so in order of toxicity: R1 (81%) > R0.5 > (65%) > F1 (30%) > F2
(26%). The results obtained show that concerning MIX1 and MIX2, we are in a sub-additive
interaction of the third case.

3.2. Biomarkers Results

The results obtained from the evaluation of GST (Kruskal–Wallis (K-W): X2 = 15.3107,
p = 0.02) (Figure 2A) in specimens of A. mellifera exposed in the laboratory, showed higher
values of activity after the exposure to Fantic® (F1), compared to the control group
(p = 0.0313). On the other hand, a decrease in GST activity was observed in specimens
exposed to the MIX2 compared to the bees exposed to F1 (p = 0.0128) and F2 (p = 0.048).

  

  

Figure 2. Activities of GST (A), ALP (B), LYS (C), and CaE (D) measured in honeybees (Apis mellifera)
exposed to two different doses of Fantic® (F1; F2) and Ramedit® (R0.5; R1) and related mixtures
(MIX1; MIX2). Different lowercase letters indicate significant differences with respect to control
(p < 0.05); the same symbols (”*”, “+”) indicate significant differences between the group marked
(p < 0.05).

The results of ALP activity (K-W: X2: 16.7213, p = 0.01) (Figure 2B) showed lower
values in MIX2 with respect to the control (p < 0.024) and between MIX2 and F2 (p < 0.0497)
with lower values in MIX2.

The LYS activity (K-W: X2: 19.8143, p = 0.000) (Figure 2C) showed an induction after
all treatments compared to the control, except for treatment R1, which showed strong
inhibitions in the activity. In particular, statistically significant differences were found
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between F1 and the control (p = 0.0017) and between F1 and R0.5 (p = 0.0058) and R1
(p = 0.0299) treatments.

The phenoloxidase pathway PO and proPO ratio showed higher values in the F1
(p = 0.041) and F2 (p = 0.0035) treatment with respect to the control.

The results of AChE activity evaluated in the brain tissues of honeybees exposed to
the fungicides and related mixtures did not show any variation or neurotoxic effect with a
median average activity of 2.5 (nmol min−1 mg prot−1). Differently, the results of the CaE
activity, evaluated in the same brain tissues of honeybees (Figure 2D), showed induction
with a statistically significant difference between the F1 treatment and the control (p = 0.05).
We also found a significant difference between the F1 and F2 (p = 0.0193) treatments, with a
reduction in the activity from the lowest to the highest dose of the treatment. Moreover, we
found statistically significant differences between F1 and MIX1 (p = 0.008) and between
F1 and R0.5 (p = 0.0038). The CaE results for MIX1, composed of the sum of the F1 dose
and R0.5 one, as well as for the GST data, confirmed the sub-additive effect in honeybees
exposed to the mixtures.

4. Discussion

In our study we applied the Pesticide Interaction Model, proposed by Almasri
et al. [28] and previously described, considering the mortality rate of bees to understand if
the selected fungicides had additive, synergistic, or antagonistic effects on honeybees. The
higher toxicity of a compound is associated with higher mortality, observing that R1 had
the highest mortality rate, followed by R0.5, F1, and F2 (26%). The results obtained after
the exposure to the mixtures of fungicides showed that we are in a sub-additive interaction
of the third case. Almasri et al. [28] found the same interaction in A. mellifera exposed to
the active ingredients of the fungicide difenoconazole (F), the insecticide imidacloprid (I),
and the herbicide glyphosate (H) for 20 days.

The glutathione S-transferase is a class of enzymes whose primary role is to facilitate
the conjugation of the antioxidant molecule glutathione (GSH) with various electrophilic
and hydrophobic compounds, such as toxic substances like pesticides and reactive oxygen
species (ROS). The increase in GST activity was observed by Caliani et al. [26] in specimens
of honeybees topically exposed to concentrations of 100 g/L and 200 g/L of the fungicide
AmistarXtra®. In the study by Han et al. [29] conducted on Apis cerana, the GST activity of
newly emerged bees was reduced following exposure to the fungicide propiconazole, while
no statistically significant difference in GST activity was found between the exposed groups
and the control group for forager bees. The results obtained in the present work suggest
that exposure to the fungicides Fantic® and Ramedit® may influence the detoxification
activity of GST. It can both increase the activity compared to the control bees and inhibit
the activity when mixed at a lower concentration.

Glutathione and other thiol-containing molecules play an essential role in the inacti-
vation of the folpet active principle of Fantic®. It has been described that the presence of
cytoplasmatic GSH reduces the folpet concentration in the tissues of several species [30].
Also, the reduction in GSH availability induced the activity of GST to regenerate GSH. Our
results could highlight this mechanism in the exposure to Folpet-based fungicide.

Alkaline phosphatase is a class of enzymes that helps break down phosphate-
containing nutrients vital for the insect’s growth and energy, such as nucleotides and
phospholipids, into simpler forms that can be absorbed. It is also involved in the immune
response, particularly in the gut. It can participate in the detoxifying process of toxins
and assist in protecting the gut lining against harmful substances like pathogens. The
ALP inhibition in honeybees exposed to the MIX1 and MIX2 compared to other treatments
was probably due to the presence of copper in the Ramedit® commercial fungicide. Since
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there was a statistical difference between F2 and MIX2, we assumed that Folpet was not
responsible for the inhibition in the mix. Our study was the first study to investigate the
toxicological effects on alkaline phosphatase of copper-based fungicides and cymoxanil.
Until now, other studies have examined the effects on the ALP enzyme for different types of
metals and fungicides: Vlahovic et al. [31] highlighted that the ALP activity was inhibited
following exposure to cadmium. The study by Badiou-Beneteau et al. [32] on bees exposed
to lower doses (2.56 ng bee−1) of the insecticide thiamethoxam showed a 20% increase in
ALP activity compared to the control. Inhibition of ALP was also observed in the study by
Caliani et al. [26] following exposure of A. mellifera specimens to concentrations of 100 g/L
and 200 g/L of the fungicide AmistarXtra, concentrations of 0.1 and 2.5 g/L of cadmium,
and a concentration of 12.4 g/L of EMS.

Lysozyme is synthesized in the fat body of honeybees [33] and plays an essential role
in the innate immune system of insects, aiding in the defense against microbial infections,
especially bacteria. Insects depend heavily on their innate immune responses, as they lack
the adaptive immune systems found in vertebrates. Lysozyme is a useful biomarker for
investigating disease resistance and therefore the immune system status of an organism.
The study by Caliani et al. [26] exposed A. mellifera to the fungicide AmistarXtra (100 g/L
and 200 g/L), cadmium (0.1 g/L and 2.5 g/L), and EMS (12.4 g/L), resulting in a statistically
significant decrease in LYS activity compared to the control after both cadmium doses, the
highest fungicide dose, and the EMS dose. These results were in line with the findings
of our work, where bees exposed to copper-based fungicide caused a reduction in the
immunological capacity of lysozyme. Differently, the folpet-based fungicides caused an
induction of the lysozyme activity. Furthermore, LYS activity is negatively correlated with
ALP activity in the experimental groups R0.5 (ρ = −0.46; p < 0.05) and F1 (ρ = −0.42,
p < 0.05). As the activity of ALP increases, the activity of the immune system decreases,
indicating that the detoxifying enzyme is working while the immune system is being taxed.
LYS is also correlated with GST in the experimental groups exposed to the lowest (ρ = −0.52;
p < 0.05) and the highest concentration (ρ = −0.44, p < 0.05) of Ramedit®, specifically
indicating that as GST detoxifying activity increases, the functionality of the immune system
decreases due to the presence of toxic substances in the honeybee’s body. Therefore, our
results suggest that exposure to the fungicides Fantic® and Ramedit® causes an alteration
in the immune system of bees, increasing lysozyme activity, especially following exposure
to Fantic® and to the mixtures of the two fungicides.

Another critical component of the immune system in invertebrates is the phenoloxi-
dase pathway. It plays an essential role in insect defense against pathogens such as bacteria,
fungi, and parasites [34]. The central enzyme in this pathway is prophenoloxidase (proPO),
a zymogen of phenoloxidase (PO). Upon exposure to pathogens or injury, the proPO is
activated into phenoloxidase (PO) by proteolytic cleavage [35]. This activation is usually
mediated by serine proteases that are part of the immune response. Phenoloxidase cat-
alyzes the oxidation of phenols to quinones that subsequently polymerize to form melanin,
which is deposited around the invading pathogen [36]. The PO/proPO ratio indicates that
efficiency increases as the value approaches one. The preliminary laboratory results of this
biomarker obtained in this work showed the activation of PO in the specimens exposed to
both the Fantic treatments. Similarly to lysozyme, exposure to Fantic triggers an increase
in phenoloxidase, activating key components of the immune system.

The esterase enzymes, acetylcholinesterase and carboxylesterase, play key roles in
the transmission of nerve impulses, with acetylcholinesterase being particularly crucial
for this process. Carboxylesterase is a class of enzymes which are also involved in the
detoxification of neurotoxic substances. The absence of neurotoxicity in all the treatments
highlighted by the AChE results could be related to the induction of CaE, which plays a
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role in phase I detoxification processes and also serves a defensive function by protecting
AChE from inactivation [37].

5. Conclusions

Laboratory experiments have demonstrated that the commercial formulation of fungi-
cides, containing multiple active ingredients, produces different effects compared to ex-
posure to individual molecules. By applying interaction models and conducting a multi-
biomarker evaluation, we were able to more accurately explain the interactions between
compounds when mixed. This approach allowed us to better replicate what occurs under
environmentally realistic conditions. Biomarker responses revealed that these complex
mixtures impact various enzymatic pathways, such as the immune system, altering funda-
mental enzyme kinetics involved in the detoxification process and potentially disrupting
normal bee functions. This study underscores the need for a more thorough investigation
of the sublethal effects of commercial pesticides, especially those used in vineyards, which
are less studied compared to compounds applied in orchards. Such research is crucial for
the protection of managed and wild pollinators, expanding our understanding of pesticide
impacts and their role in the Colony Collapse Disorder (CCD) phenomenon.
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Abstract: Duckweeds are a family of small floating macrophytes (the Lemnaceae) that
inhabit quiet freshwaters worldwide. They have long been employed to determine toxicity
to higher plants in the aquatic environment, and standardized national and international
protocols have been developed for this purpose using two representative species. While
these protocols, which assess the growth of the leaf-like fronds of the tested duckweed, are
indeed suitable and still frequently used for detecting the toxicity of water-borne substances
to aquatic higher plant life, they are cumbersome and lengthy, determine endpoints rather
than depict toxicity timelines, and provide no information as to the mechanisms involved in
the indicated toxicity. Progress has been made in downscaling, shortening and improving
the standardized assay procedures, and the use of alternative duckweed species, protocols
and endpoints for detecting toxicity has been explored. Biomarkers of toxic effect have
long been determined concomitantly with testing for toxicity itself, and their potential for
the assessment of toxicity has recently been greatly expanded by transcriptomic, proteomic
and metabolomic techniques complemented by FITR spectroscopy, transformation and
genotoxicity and timescale toxicity testing. Improved modern biomarker analysis can
help to both better understand the mechanisms underlying toxicity and facilitate the
identification of unknown toxins.

Keywords: duckweeds; toxicity tests; biomarkers

1. Introduction

The influx of industrial, agricultural, municipal and domestic waste into natural
waters poses serious hazards for life forms inhabiting or consuming these waters, including
bacteria, plants, invertebrates, fish and mammals, including man [1,2]. The study of the
effects of water pollutants on aquatic plant life is particularly important from the viewpoint
of plants being primary producers and thus supportive of other aquatic organisms along
the food chain and that they also pass on toxic substances that they may have taken
up to organisms consuming them. Aquatic plant life includes micro- and macroalgae,
bryophytes, pteridophytes and flowering plants, species of each of which are used in
testing for deleterious effects of water pollutants [2]. Microalgae have long been the most
frequently used life form for investigating the effects of water contaminants on aquatic plant
life (see [2,3]). However, flowering plants come next in this regard [2], most prominently
rooted species of the genus Myriophyllum (water milfoils) and duckweeds [2], a widespread
family of small, simply constructed floating macrophytes (the Lemnaceae) that inhabit quiet
or slow-flowing bodies of freshwater [4–6]. Even though phytotoxicity studies on aquatic
plants have traditionally been of minor importance in establishing regulatory measures
concerning the environmental hazard of water contaminants (see [2,3]), duckweeds have
a long history of being used to determine the toxic potential of water contaminants for
aquatic higher plant life and to understand the toxicities involved [7]. The resurgence
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of interest in duckweeds as versatile model plants [8] helps consolidate the continuing
importance of these macrophytes in the field of aquatic phytotoxicity.

Duckweeds are monocots that consist of flattened or rounded leaf- and thallus-like
assimilatory organs or fronds that range from 1 to 15 mm in diameter or length and are only
a few cells in thickness [5,8]. The fronds consist largely of spongy mesophyll with extensive
air-filled intercellular spaces that confer buoyancy and some bear hairless adventitious root
on the underside [5,8]. There are 35 species of duckweed [9,10] distributed among the five
genera Spirodela (abbreviation S.), Landoltia (La.), Lemna (Le.), Wolffiella (Wa.) and Wolffia
(Wo.), in addition to two interspecies hybrids [11–14] that exhibit genus-typical differences
in the size and complexity of the fronds and in the number of roots they bear [5,6,8,15]; for
pictorial representations, see [8,16,17]. Although they can flower and reproduce sexually,
duckweeds grow mainly by vegetative propagation, with daughter fronds budding off
from one or two meristematic pouches or pockets in the mother fronds [5,8]. This can take
place very rapidly: duckweeds constitute the most rapidly growing higher plants [18,19].
The fronds remain temporarily attached to one another via connecting stalks or stipes,
forming colonies of interconnected fronds that spread out over the water surface to ensure
optimal access to water nutrients [8,20–22] that are taken up via the ventral frond surfaces
and the roots (see [8]).

The rapid growth potential of duckweeds and their ability to take up numerous
water-contaminating compounds in addition to nutrients have made these macrophytes
promising agents for the remediation of industrial, agricultural and domestic wastewa-
ters [8,16,17]. These attributes—combined with small size, simple structure and a conse-
quent ease of cultivation and analysis—also facilitate the detection and interpretation of
detrimental effects of water contaminants on aquatic higher plant material. Duckweeds
accordingly are well-suited as model organisms for aquatic phytotoxicity testing in their
amenability to the collection of data relevant to a variety of research questions, backed
up by well-developed experimental protocols, a comprehensive literature base and an
international expert community (see [23]). The International Steering Committee on Duck-
weed Research and Applications (ISCDRA) helps to guide, coordinate and communicate
research on duckweeds, as detailed in the quarterly released Duckweed Forum newsletter
that can be accessed via the website of the Rutgers Duckweed Stock Cooperative (RDSC;
ruduckweed.org: see [8]).

2. Standardized Duckweed Toxicity Testing

Duckweeds have long been employed for testing for toxic effects of water-borne
substances—often typical water contaminants—on higher plant life in aqueous environ-
ments: the pertinent literature up till 1990 was reviewed by Wang [7]. Based on these
experiences, several national and international organisations concerned with the aquatic
environment set up protocols for testing for water-borne toxicity to aqueous higher plants
using either Lemna minor or Lemna gibba as model test organisms [16]: see Table 1.

These “classical” tests exemplified by the OECD Test No. 221 [24], the ISO test
20079 [25] and the USEPA test [26] summarized in [27] consist of the incubation of
9–12 fronds of a duckweed (Le. minor or Le. gibba: see [1] for photographic images) in at
least 100 mL of mineral salt medium (SIS, 20xAAP or Steinberg) in correspondingly large
vessels, such as beakers or culture dishes, both without and with several concentrations of a
putatively toxic substance. After 7 days, growth parameters, including frond number, area
and weight, are measured, and the chlorophyll content of the fronds can also be assessed. A
more recent equivalent procedure has been prescribed by the Chinese agricultural industry
standard NY/T 3090–2007 [28] (see [29]). An inhibition of frond growth and a reduction in
the chlorophyll content of the cultures containing the test substance in comparison to the

130



J. Xenobiot. 2025, 15, 48

control define the toxicity of the test substance to the duckweed. Toxicity parameters can
be calculated from dose-response curves for effective doses or concentrations (ECs) of test
substances at effect levels such as 50%, 20% or 10% [30], e.g., EC50.

Table 1. National and international organisations that have developed standardized tests for water-
borne toxicity to aquatic higher plants with duckweeds from 1990 to 2006. Bibliographic information
for the standardized tests can be found in [27,31].

Organisation Year Duckweed Country/Area 

ITM: Institute of Applied Environmental  
Research 

1990 Lemna minor Sweden 

ASTM: American Society for Testing and 
Materials 

1991 Lemna gibba USA 

APHA: American Public Health Association  1995 Lemna gibba USA 

SIS: Swedish Standards Institute 1995 Lemna minor Sweden 

AFNOR: Association Française de  
Normalisation 

1996 Lemna minor France 

USEPA: US Environmental Protection  
Agency 

1996 
Lemna  

minor/gibba 
USA 

EC: Environment Canada 1999 Lemna minor Canada 

ISO: International Organisation for 
Standardization 

2005 Lemna minor International 

OECD: Organisation for Economic  
Cooperation and Development 

2006 
Lemna 

minor/gibba 
International 

Duckweed growth proceeds exponentially over time under non-limiting growth
conditions, since each frond replicates regularly. In this case, there is a linear relationship
between frond number, area or weight (F), and time (t): the slope of the line represents the
relative growth rate (RGR), which can be described as follows (see [18]):

RGR = lnFt − lnxFt0/t − t0

It has been recommended that the doubling time of frond number in the control
should be less than 2.5 days throughout the 7-day test period, which corresponds to an
approximately 7-fold increase in frond number and a RGR of 0.275 d−1 [24], a criterion
easily met by representative Le. minor and Le. gibba clones [18]. The RGR must remain
constant throughout the incubation time of the assay to assure that assay conditions are
not limiting the intrinsic growth rate of the duckweed. This means that—for the reliable
assessment of phytotoxicity in terms of growth inhibition—the volume of medium, the
nutrient content of the medium and the inoculum size must be designed to ensure that
exponential growth can occur throughout the test period [32]. If the mineral salt content
of the nutrient medium, for example, is not sufficient to maintain exponential growth of
the control fronds throughout the assay duration, it might be sufficient to enable growth
slowed by toxic influences to proceed in a continual exponential fashion that could thus not
accurately be related to the control. The preliminary work required to ensure exponential
control growth was important in designing the standard toxicity tests. According to the
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OECD, the necessary criteria for the validity of these assays can be attained using a static
test regime, in which the test conditions at the start of the test are left without interference
until the growth parameter measurements are made at the end of the 7-day incubation
period [24], and this regime is usually adhered to.

An important factor for the comparability of toxicity data obtained with a standardized
duckweed toxicity test over extended periods of time, including seasonal changes, is the
stability of the intrinsic growth of the test organism. This stability ensures the re-usability of
previously determined toxicity data in the context of new investigations. In a corresponding
study, control growth data for toxicity tests with the same S. polyrhiza clone over a period
of four years under identical test conditions revealed a good long-term stability of frond
number and area parameters, although some variability with time and the season was
noted [33].

The standardized tests outlined above are indeed well-suited for determining and
defining overall toxicity to a duckweed because growth inhibition is indicative of global
disturbances in the functioning of the test organism. This also applies to reduced chloro-
phyll synthesis—including the bleaching that often accompanies this—that reflects the loss
of the photosynthetic potential that is the signature characteristic of most plant life. It is
emphasized that the standardized tests are “toxicity tests” in the narrow sense of being
concerned only with determining the deleterious potential per se of questionable substances
on the test organism under defined, reproducible conditions in the laboratory. This sets
them apart somewhat from “ecotoxicity testing”, which investigates the deleterious effects
of water contaminants on duckweeds under conditions that are ecologically relevant, i.e.,
with respect to contaminant concentrations, the constitution of the medium and the sur-
rounding conditions, and the duration and frequency of exposure [2]. Ecotoxicological
testing with duckweeds makes use of the machinery of the “toxicity testing” discussed
here to investigate the actual consequences of water pollution on aquatic higher plant life.

The standardized tests are relatively easy to carry out but are cumbersome due to
the use of large culture vessels and culture medium volumes and are lengthy. Efforts
to improve and complement the classical testing procedures are discussed in Section 3.
The standardized tests measure only overall growth-related endpoints and provide no
information as to the course or the mechanism of the toxicity. However, the investigation
of toxicity-related biomarkers for mechanistic interpretation of toxic effects has a long
history of having been carried out parallel to the determination of toxicity itself. Section 4

deals with developments to improve the amount and quality of biomarker information
obtainable for better mechanistic understanding of overall toxicity.

3. Determining Toxicity

One approach toward improving and extending the “classical” determination of the
toxicity of water contaminants to duckweeds as laid down by the standardized toxicity
tests has been largely concerned with efforts to miniaturize and speed up the standardized
assay procedures with an eye to convenience and efficiency in carrying out large numbers
of toxicity tests. This is discussed in the following Section 3.1. On the other hand, the
possibility of using duckweed species other than Le. minor and Le. gibba as test organisms
and the assessment of novel toxicity endpoints to good advantage has also been examined.
These “alternative” developments are discussed in Section 3.2.

3.1. Modifying the Standardized Tests

Issues for improving the techniques of standardized duckweed assays proposed by
the organizations shown in Table 1 for detecting toxicity have been the scaling down the of
the assay dimensions, the shortening of the incubation period required to assess toxicity,
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ensuring the quality of the incubation medium during the duration of the test and the
development of innovative procedures for growth parameter measurement and analysis.

3.1.1. Downsizing and Timesaving

The standardized duckweed toxicity test assays recommend the use of relatively large
culture vessels, medium volumes and duckweed innocula. The downsizing, or miniaturiza-
tion, of the standard test format offers the advantages of reduced space requirements, lower
costs, reduction in test solution volumes, less waste disposal and less starting plant material.
Experimentation in this regard had already been carried out prior to the development
of the standardized tests. Two reports from 1990 described a reduction in the solution
volume for toxicity testing with Le. minor to 15 mL using 60 × 15 mm culture dishes and
plastic cups [7,34]. Downsized versions of the standardized tests were later proposed in
which five to six fronds of Le. minor are incubated in 10 mL of culture medium in six-well
culture plates for 7 days [35,36]. The results obtained with tests of the toxicity of KCl and
3,5-dichlorophenol and of Zn nanoparticles in these miniaturized systems were reported
to be comparable to those obtained with full-size standardized tests. A recent example of
the use of this test format is the investigation of the toxicity of four antidepressants to Le.
minor [37].

Further miniaturization had been reported as early as 2004, where two three-frond
colonies of Lemna paucicostata (a synonym for Lemna aequinoctialis) were incubated for 7 days
in 5 mL portions of medium containing numerous individual herbicides with different
modes of action in 6-well culture plates [38], and two-frond colonies of Le. gibba were
incubated for 7 days in 2.5 mL of test solution containing olive mill waste in the wells
of 12-cell culture plates in 2007 [39]. Miniaturization has recently been described for the
investigation of seven to eight fronds of Le. minor in 2 mL of medium containing various
individual pesticides in the wells of 24-well culture plates [40]. It is questionable whether
toxicity values determined with the formats of the two latter investigations indeed reflect
the values that would be obtained with standardized test formats. The much higher frond
number/medium volume ratios used in these studies in comparison with the standardized
test formats may readily lead to frond crowding and nutrient limitation, which can quite
generally be an issue in miniaturization. This would make the maintenance of exponential
duckweed growth and a continuous RGR over the 7-day incubation period unlikely, which
would—as discussed above—compromise the accuracy and reliability of the toxicity test.
This has been indicated in an investigation in which the incubation of two fronds in 2 mL
medium portions led to slower frond growth and deviant toxicity values in comparison
with the results obtained in parallel tests with the standardized format [36] (see also the
last paragraph of this section).

The recommended incubation period of the test substance with the duckweeds in the
standardized assay procedures is 7 days. Although this exposure duration may actually
be too short in terms of ecotoxicological testing [2], a shortening of the incubation period
with the test substance can be advantageous for testing the toxicity of large numbers of
samples in screening procedures and can also reduce the tendencies of frond crowding and
nutrient limitation. Incubation times shorter than 7 days had already been employed prior
to the establishment of the standardized tests (4 d in the case of Le. minor in 1986 (see [7])
but have seldom been used in the standardized formats since then. Two relatively recent
examples are 4-day incubation periods in test procedures with Landoltia punctata in the
presence of nanoparticular and soluble Cu [41] and with Le. minor and Le. gibba exposed to
the pharmaceuticals chlorpromazine, paracetamol and diclofenac [42].

The miniaturization and incubation time reduction of the standardized assays can be
combined. One recent example is the assessment of the phytotoxic effects of several envi-
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ronmentally relevant metals and metalloids to three to four fronds of Le. gibba incubated
for three days in a test volume of 4 mL in 12-well culture plates by means of chlorophyll
fluorescence imaging [43]. Growth and photosynthetic parameters were measured in
the same samples. The inhibition of relative growth rates in terms of frond number and
area were calculated from the obtained chlorophyll fluorescence images. Such multi-well,
plate-based duckweed phytotoxicity assays significantly reduce the space, time and sample
volume requirements of the standard duckweed growth inhibition tests. These benefits
may, however, be compromised by lowered test sensitivity, with considerably higher EC50

values for growth inhibition being recorded in comparison with data obtained for stan-
dardized tests [43]. Nevertheless, multi-well plate-based duckweed phytotoxicity assays
offer definite advantages in the rapid screening of large sample numbers. The benefits of
miniaturization and short incubation times have become still more impressive, however, in
the development of the duckweed phytotoxicity assays making use of alternative toxicity
indictors to be discussed in Section 3.2.2.

3.1.2. Ensuring the Quality of the Incubation Medium

Most toxicity tests with duckweeds proceed with incubation medium for duckweed
growth containing the test substance being provided at the initiation of the test and not
interfered with thereafter. The nutrients of the incubation medium in such “static” standard
assays (already referred to in Section 2) can become limiting during the 7-day test duration
when the ratio of the inoculum to the incubation volume is too high and the incubation
period is too long, especially in controls exhibiting vigorous growth. In addition, the
concentration of test substances in the medium can also decrease significantly over long
incubation periods due to take-up by the duckweed and especially when the test substances
are unstable or volatile (see [44]). The initial composition of the medium (including
the designated test substance concentration) can be approximately maintained when the
incubation medium is periodically renewed and can be kept quite uniform in a flow-
through setup. Protocols for employing medium renewal and flow-through in testing with
Le. minor and Le. gibba have long been available (e.g., [45,46]), and the standardized assays
allow for static, renewal and flow-through experimental formats (see, e.g., [24,33]).

A protocol based on the static ASTM test (see Table 1) for maintaining the quality of the
medium in testing with Le. gibba was developed, according to which the medium containing
the test substance is renewed daily [44]. This daily renewal ensures an approximately
constant nutrient supply and test substance concentration and thus exposure to the test
substance throughout the 7-day test period. However, such test procedures are considerably
more time- and labour-intensive than static tests and have been seldom made use of. Flow-
through setups to ensure continuous supply of nutrient medium are important for large-
scale indoor cultivation of duckweeds (see [47]) but are too complicated and impractical to
be of use in routine toxicity testing, especially where downsizing is advantageous.

3.1.3. Data Imaging and Analysis

The simplest means of assessing duckweed growth in toxicity testing is via manual
counting and weighing of the fronds. This was specified in the Environment Canada
toxicity test (see Table 1) with Le. minor (see [31]) and is still sometimes employed to the
present day, e.g., [48]. Further examples of manual frond counting have been cited [49],
and the weighing of fronds must necessarily be carried out manually. The determination
of frond area by means of digital image analysis has a long history: an early example
of its use was in the assessment of dose-response relationships between 26 herbicides
exhibiting 19 different modes of action on the growth of Le. paucicostata [38]. The OECD
recommended photographic or digital imaging for recording frond area in its standardized
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assay procedure [24], which can be conveniently determined with free or commercially
available image analysis software. Frond area determined by image analysis for the effects
of metal pyrithione antifoulants on Le. gibba was found to be up to 10 times more sensitive
than visually observed frond number as a toxicity index [50]. However, as indicated by the
OECD [24], frond area determination must not necessarily derive from digital imaging: in
a recent investigation of the toxicity of boron (B) to Le. minor, frond areas were calculated
using the image analysis software Image J on photographic images of the fronds [51].

The investigation of 26 different herbicides on the growth of Le. paucicostata mentioned
above [38] and an early application of the ISO 20079 protocol [25] to test the effect of heavy
metals on Le. minor [30] used the LemnaTec Scanalyzer and LemnaTec SAW Lemna software
(LemnaTec, Würselen, Germany) for the image capture and quantification of total frond
area. The use of the LemnaTec Scanalyzer platform to calculate frond number and area in
duckweed toxicity testing has been explained in detail [52] and used more recently, e.g., in
tests of the effects of the chalcones salsolol A and B and the pseudogualanolide confertin
on Le. paucicostata [53]. Other examples of image capture and analysis in duckweed toxicity
testing are the use of the Nikon Digital Sight DS-5Mc camera with Nikon and Assess image
analysis software to study the effect of olive mill wates on Le. gibba [39] and of the Canon
EOS 450D digital camera and Image J analysis software in investigating the tolerance of S.
polyrhiza and Le. minor to the pesticides atrazine and S-metalochlor [54]. Further software
packages for processing digital frond images are the Image Tool analysis program used
in the investigation of the toxicity of several antidepressants on Le. minor [37], the Lucia
5.0 program used to assess biogenic amine biosynthesis pathway changes associated with
dye toxicity to Le. minor [55] and the Celleste 6 and Athena software programs marketed
by ThermoFisher (Waltham, MA, USA) and IDEA Bio-Medical Ltd. (Rehovot, Israel).
An automated microscopy approach to monitoring duckweed growth employing a Zeiss
Axiocam 512 color CCD digital camera and Zen Blue 2.6 Professional software to capture
fluorescence microscope images of Le. minor fronds that were processed by PlantCVv3.10.0
and OpenCVv3.4.9 analysis software may be adaptable for use in duckweed toxicity
testing [56].

An interesting example is the use of the Zebrabox (ViewPoint Behavior Technology,
Lyon, France), an automated observation and tracking system developed for zebrafish
behaviour analysis, to study the growth inhibition potential of rare earth elements on
Wolffia globosa [49]. Chlorophyll fluorescence detectors have long been used to assess chloro-
phyll content and chlorophyll fluorescence parameters in duckweed toxicity testing (see
Section 4.2.1). The digital images used to determine chlorophyll fluorescence parameters
can also be used to calculate the growth parameters of frond number and frond area, as
shown in relation to metal and metalloid toxicity to Le. gibba [43]. This has the advantage
of relating growth phenomena in terms of total frond area to photosynthetically competent
leaf matter and the developmental status of the growing fronds [43,57]. A very recent new
approach to quantifying duckweed growth in toxicity assessment is the quenching of the
light emitted from an LED source by duckweed frond area coverage as registered by a
solar cell connected to a digital multimeter. The greater the duckweed frond area produced
by growth, the lesser the photoelectric signal emitted from the solar cell [58]. The use of
this system was demonstrated with regard to the effects of the herbicides glyphosate and
glufosinate and reportedly delivers reliable growth inhibition data within two days.

The optical biosensor system for the measurement of duckweed frond area is reported
to be very cost-effective at USD 10 per unit [58]. Other low-cost technical approaches
to digital imaging and analysis for objective and quantified biomonitoring have been
proposed using standard digital cameras and Aphelion 3.02 framework software. These
have been employed using a Nikon Coolpix 995 digital camera in the investigation of the
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toxicity of non-ionic detergents to Le. minor [59] and a Logitech HD Webcam C270 camera
for method development with the reference substance potassium dichromate [60]. On a
more sophisticated level, a machine learning-based tool (StarDist) simplifies and assists
counting processes and helps arrange, manage and calculate inhibition percentages after
duckweeds are exposed to contaminants. This was demonstrated in an investigation of the
effects of herbicides and rare earths on Wo. globosa [49]. Duckbot, a machine customized
for automating laboratory research workflows with duckweed, supports the setting up
of sample plates with duckweed and growth media and gathering image data, as well as
conducting relevant data analysis. Its use was demonstrated in a case study on the effect of
salinity on the growth of Sp. polyrhiza, Le. minor and Wolffia australiana [61].

3.2. Alternatives to the Standardized Tests

Duckweed toxicity testing can vary fundamentally from the standardized procedures
with regard to the test species used as toxicity vehicles and the endpoints determined
to define toxicity. The use of these alternatives can also incorporate the downsizing and
timesaving modifications of the standardized tests discussed above. Such tests can then be
of value for high-volume toxicity testing if they can be shown to compare favourably with
the standardized assay procedures.

3.2.1. Alternative Test Organisms

Prior to the establishment of the standardized toxicity tests, a number of duckweed
species, including S. polyrhiza, Spirodela oligorhiza, La. punctata, Le. aequinoctialis, Lemna
perpusilla and Lemna valdiviana, had been used for investigating the effects of water pol-
lutants on higher plants in addition to Le. minor and Le. gibba that were singled out as
model organisms for the toxicity testing [7]. Some of these duckweeds have still been used
occasionally as test organisms in toxicity tests. Employing Le. aequinoctialis for testing for
water-borne toxicity [62,63] reflects the wish to use a tropical duckweed for use in tropical
environments. S. polyrhiza, which has a long history as a test organism (see [64]), is used in
both classical testing (e.g., [65]) and in newly developed tests using alternative endpoints
(see Section 3.2.2). La. punctata [66,67] and Wo. globosa [49,68] are also used to test for
water-borne toxicity on account of their importance in wastewater remediation. Most
alternatively used duckweed species have no intrinsic advantages over Le. minor and Le.
gibba as test organisms in traditional assay procedures, but Wolffia species would appear to
be predestined for use in miniaturized and shortened versions of the standardized assays
on account of their very small size and rapid growth.

3.2.2. Alternative Indicators of Toxicity

The standard duckweed toxicity tests determine growth impairment in terms of the
number, area, weight or chlorophyll content of whole, mature fronds. However, efforts
have also been made to determine detrimental effects on root elongation and juvenile frond
expansion that can indicate fundamental disturbances in growth—and hence toxicity—
to the test organism. These alterative toxicity endpoints could be of value if they can
be assessed as conveniently and accurately as frond growth in the standardized assays.
Studies making use of such alternative indicators of toxicity are listed in Table 2.

Two of the alternative indices of toxicity presented in Table 2 constitute root length,
either per se or upon re-growth after abscission. The three studies that measured the length
of intact roots did not reveal any decisive advantage over the established standardized
tests. They were limited to testing the effects of heavy metals on Le. minor and were based
on the experimental methodology of the EC or OECD tests. They thus did not constitute
any progress in the downsizing of these test procedures, and in only one instance [70] was
a shorter incubation time of 4 days used. The measurement of the intact roots required for
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the tests is also laborious. However, in two instances [70,71], root length was judged to be
a more sensitive and precise indicator of toxicity than frond number that was determined
in parallel.

Table 2. Toxicity indicators in tests deviating from the growth parameters used in the standardized
toxicity tests listed in Table 1.

Toxicity Indicator Toxin Duckweed Species Reference

Decrease in root
length

Ni Lemna minor [69]

Pb Lemna minor [70]

Cd Lemna minor [71]

Impaired re-growth of

roots after excision

Ag, Cd, Cr, Cu, Hg Lemna
minor/gibba/paucicostata [72]

atrazine, diuron,
paraquat, simazine

Lemna
minor/gibba/paucicostata

[73]

Cu Lemna minor [27]

Ce Lemna minor [74]

B Lemna minor [51]

Cu, Cr Spirodela polyrhiza [75]

microplastic Lemna minor [76]

Inhibited growth of
first frond produced by

germinating
turions

22 substances:
herbicides,

organic/inorganic
compounds, metals

Spirodela polyrhiza [64]

Ni, Cd, Cr Spirodela polyrhiza [77,78]

The promise of root length as an indicator of toxicity to duckweeds has been much
better realized by the measurement of the re-growth of roots from fronds from which the
roots were excised prior to the start of the experiment. This was shown in two pioneering
studies in which the lengths of roots that re-grew after excision from Le. minor, Le. gibba
and Le. paucicostata fronds were measured after exposure to several heavy metals [72] and
to several herbicides [73]. These tests constituted drastic miniaturization and shortening of
the standardized assay procedures in incubating single rootless fronds in 3 mL medium for
3 days in 24-well plates. They yielded Ec values for root re-growth with the investigated
metals and herbicides comparable to those obtained for frond growth. This methodology
was later systematically tested for its suitability as a generally applicable test procedure [27].
It was determined to be as sensitive as the conventional ISO 20079 test with the reference
toxicant 3,5-dichlorophenol and was shown in national and international interlaboratory
comparisons to be reliable and reproducible in tests with CuSO4 and wastewater. This
validated Lemna root re-growth assay is thus simpler, more rapid, cheaper and more
convenient (despite the dexterity required for the frond handling) than the standardized
test procedures and is suitable for rapid screening of wastewater and natural waters. The
fact that it is carried out with only one de-rooted frond per test for a short time indicates
that the frond crowding and nutrient limitation that may be detrimental to the reliability
of other miniaturized assays (see above) are probably not at issue here. The procedure
was judged to be acceptable as a standardized biological test and for use as a regulatory
tool and has accordingly now achieved the status of a standardized duckweed toxicity test
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in its own right (ISO 4979:2023 [79]). Recent studies have employed the root-re-growth
assay as described here to investigate the effects of B on Le. minor [51] and of Cu and Cr on
S. polyrhiza [75]. Despite the advantages of this miniaturized and rapid procedure, some
very recent studies have investigated root re-growth upon exposure of Le. minor to cerium
(Ce) [74] and microplastics [76] using the much more cumbersome methodology of the
standardized OECD duckweed toxicity test.

An alternative toxicological indicator related to frond area rather than root length is
the growth of the first fronds emerging from germinating turions of S. polyrhiza, which
are overwintering derivatives of normal growing fronds that spend the winter at the
bottom of water bodies in a dormant state and germinate to give rise to normal frond
growth in the following spring (see [80]). A microbiotest featuring miniaturization, rapidity
and convenience comparable to the root re-growth assays has been developed in which
non-dormant S. polyrhiza turions are germinated and then incubated individually in 1 mL
volumes of medium in 24-well culture plates for 3 days. A decrease in the area of the
first frond that protrudes from the geminated turion, which can be digitally recorded
and analyzed serves as a measure of toxicity [64]. Due to the investigation of only one
germinated turion per test, frond crowding is not an issue and there should not be nutrient
depletion sufficient to limit the growth of the first frond protruding from the turion. In
addition to being simple and practical to perform, this test is largely independent of
the maintenance of duckweed cultures, since the turion starting material can be readily
stored until use. The test proved to be of comparable sensitivity to the standardized
Lemna protocols in tests with 22 substances, including herbicides, organic and inorganic
chemicals, and metals. Extensive international interlaboratory comparisons showed the
test to be robust and reliable, and it was proposed to and accepted by the ISO as a standard
toxicity test (ISO 20227:2017) for duckweeds [64,81]. The test is available as a patented
commercial product (Duckweed Toxkit F; MicroBio Tests Inc., Gent, Belgium). It is—like
the root re-growth assay—suitable for convenient high-throughput toxicity testing and is
particularly useful for ecotoxicology work in the field. Other studies have also investigated
the sensitivity of the germination and sprouting of S. polyrhiza turions to heavy metals
(Ni, Cd and Cr; [77]) and determined that the single frond area produced by germinating
turions was the most sensitive test endpoint for the toxic effect of Cd [78]. However, these
experiments were carried out in formats resembling the original standardized test protocols
and did not recommend systematic test procedures for routine testing.

4. Describing Toxicity: Biomarkers of Toxic Effect

Although the standardized duckweed tests give information as to toxicity itself, it has
always been of interest to know what causes the overall detrimental effect to the frond. Toxi-
city tests themselves have therefore long been accompanied by tests for biomarkers that can
help to elucidate the mechanisms underlying the toxicity. Toxic substances that duckweeds
can be exposed to include nutrients, metals and organic xenobiotics, the presence of which
in natural waters is mostly, but not always, of anthropogenic origin. These substances elicit
the generation of “biomarkers of toxic effect” when their influence is correlated with or
causally linked to overall observed toxicity [1,82]. Toxicity tests with duckweeds coupled
with biomarker-oriented analysis of the test organisms can reveal both the presence and
the nature of water contaminant toxicity to aquatic higher plants. However, it should be
noted that putatively toxic substance do not always elicit detectable biomarkers of toxic
effect! For example, the treatment of Le. minor with several concentrations of perfluorooc-
tanoic acid had no discernible effect on biometric frond parameters, chlorophyll content,
photosynthetic electron rate or chlorophyll fluorescence parameters [83].
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Biomarkers of toxic effect take many forms. Some expressions of toxic influence are
readily evident as disturbances to structural and developmental features of duckweeds (see
Section 4.1). The “classical” biomarkers of toxic effect include indicators of physiological
aberrations of photosynthesis and respiration and are best known as biochemical and
metabolic markers related to oxidative stress (Section 4.2). Techniques that are shaping
modern biomarker analysis include indications of global alterations in DNA and polymeric
structures, but most impressively feature extensive data generation through the application
of the various “omics” that can lead to comprehensive understanding of mechanisms of
toxicity (Section 4.3).

Biomarkers of toxic effect are in themselves often taken to be proof or verification of
toxicity. This is especially evident when toxicity is discussed in terms of such biomarkers
without any reference to an actual test of toxicity. An example is the analysis of assumed
toxicity of silver (Ag) nanoparticles to Wo. globosa in terms of chlorophyll fluorescence
parameters (even chlorophyll content is treated as a biomarker), oxidative damage metabo-
lites and antioxidant enzymes [68]. Indeed, a case can be made for the idea that single or
multiple biomarkers of effect can be regarded as direct evidence of toxicity, particularly
when the effects identified by these biomarkers are obviously seriously detrimental to
healthy duckweed growth. Biomarker data compiled during obviously toxic exposure
may also correspond well with growth data obtained in the standardized toxicity assays.
This was claimed, for example, for chlorophyll fluorescence parameters in comparing
the toxicity of four herbicides to three Lemna species [73] (although a thorough later in-
vestigation of the effect of heavy metals on Le. gibba raised doubt about the accuracy of
the correspondence [43]). However, biomarkers of effect are often specific for the water
contaminant giving rise to them, and thus no particular biomarker can define a toxicity
that is due to water contaminants in general, whereas growth inhibition is indeed a quite
universal expression of toxicity.

It is preferable to regard the biomarkers being discussed here as being descriptive of
toxicity, i.e., pointing to what is going on in toxicity. In contrast, the growth and chlorophyll
synthesis impairment prescribed in the standardized tests are a measure of what has
gone on in toxicity, i.e., what the result of the “goings-on” actually is. The observation
of the biomarkers aims at explaining how the result in terms of growth inhibition came
about. However useful, this approach to assessing biomarker data is not necessarily always
strictly applicable, as biomarker alterations can take place in the absence of overt toxicity.
An example is the detection of metabolite changes shown by 1H-NMR fingerprinting
spectra without any macroscopic indication of toxicity in Le. minor exposed to several
herbicides [84]. In such cases, biomarker changes can indicate impending toxicity at higher
water-contaminant dosages.

4.1. Structural and Functional Aberrations

Some anatomical, morphological, developmental and physiological phenomena that
may be readily observed in relation to toxicity testing are indicative of functional im-
pairments in duckweeds due to exposure to water contaminants. An early finding was
that exposure to heavy metals (Cd, Cu, Ni and Zn) leads to disturbances in the photo-
tactic behaviour of Le. minor mesophyll cell chloroplasts [85]. Other aberrant responses
of duckweeds under heavy metal stress summarized in [86] include frond chlorosis and
developmental disturbances such as frond size reduction, frond abscission and colony
disintegration [21,87,88], as well as root rejection and turion formation [89]. Indeed, stan-
dardized toxicity tests recommend the routine notation of such features to complement
toxicity assessment (e.g., [24]). The floating up and first frond protrusion of germinat-
ing turions of S. polyrhiza were observed to be delayed in the presence of Cr, Cd and
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Ni ions [77,78]. A transition of the chloroplasts of S. polyrhiza and Le. minor fronds to
chloro-amyloplasts and amylo-chloroplasts accompanied by a pronounced accumulation of
transitory starch in the presence of Ni and Co was observed by electron microscopy [90,91].
These various phenomena all reflect toxic influences of metals as water contaminants rather
than consummated toxicity itself.

4.2. “Classical” Biomarkers

Physiological, biochemical and metabolite biomarkers of toxic effect have long been
determined in relation to water contaminant-induced toxicity to duckweeds. A review
of biomarkers associated with toxic stress to duckweeds in addition to numerous other,
primarily aquatic plants incorporates investigations dating from the end of the last cen-
tury [82], and a more recent survey presents a comprehensive assessment of biomarkers of
toxic effect specifically in duckweeds [1]. An overview of these biomarkers of toxic effect
is presented in Table 3. The biomarkers constitute endpoints measured at the end of the
incubation periods of toxicity assays. They have been determined in association with the
standardized toxicity tests discussed in Section 2; there is as yet no comparable catalogue
of biomarkers of toxic effect derived from the more recent standardized tests introduced in
Section 3.2.2.

4.2.1. Physiological, Biochemical and Metabolite Endpoint Biomarkers

An in-depth analysis of toxicity-related biomarkers is beyond the scope of this review
(see [1,82] in this regard), but two complexes of biomarkers that are frequently docu-
mented are of particular interest. Many of the biomarkers listed in Table 3 are related
to the wide-reaching toxic effects of oxidative stress that are frequently occasioned by
exposure of duckweeds to water contaminants. This stress results from the production of
reactive oxygen species (ROS), which represent the most important chemical biomarkers
of toxic effect and lead to the production of metabolites such as the lipid peroxidation
product MDA. In response, antioxidative solutes, such as glutathione and ascorbate, and
antioxidative enzymes, such as peroxidase and catalase, are formed to counteract the
effects of the ROS; Phase I and II enzymes are induced to detoxify water contaminants
leading to oxidative stress (see [1,81] for detailed discussion). An interesting parallel to
this elicitor–response scenario is the finding that biogenic amines—in particular, tyramine
and spermine—accumulated significantly in Le. minor in response to toxic exposure to
the antibiotic tetracycline [92]. A subsequent investigation illustrated the response of
the biogenic amine biosynthesis pathway of the duckweed to toxic exposure to the dye
gentian violet in terms of a stimulation of tyrosine decarboxylase (leading to tyramine
accumulation) and inhibition of s-adenosylmethionine and ornithine decarboxylases [55].
Since the biomarkers under discussion here have been determined and compiled since
the establishment of the standardized toxicity tests, they are not new in the sense of this
review but rather represent the status quo of classical toxicity test results. They continue
to be routinely determined up to the present: studies on the effects of norfloxacin on S.
polyrhiza [65] and benzalkonium chloride on Le. minor [93] are just two recent examples.

140



J. Xenobiot. 2025, 15, 48

Table 3. Examples of “classical” biomarkers determined to accompany toxicity to duckweeds exposed
to various metals and organic xenobiotics. The “examples” and “duckweed species tested” are
assigned to the respective water contaminants; the right-hand column summarily lists the biomarkers
determined in such investigations. Content taken from [1,82], in which the data summarized here are
comprehensively presented and discussed. MDA: malondialdehyde, SOD: superoxide dismutase.

Water Contaminant Examples Duckweed  

Species Tested 
Biomarkers 

Metals • altered photosynthesis 

pigment contents/ratios 

• perturbations of  

chloroplast ultrastrucure 

• altered chlorophyll  

fluorescence parameters 

• mpaired photosynthesis 

photochemistry  

• inhibited photosynthetic 

O2-evolution 

• increased reactive oxygen 

species (ROS) content 

• increase in lipid peroxida-

tion products (MDA) 

• increased Phase I enzyme 

(functionalizing: e.g.,  

peroxidases, esterase)  

activities 

• increased Phase II enzyme 

(conjugating: e.g. glutathi-

one-S-transferase, methyl-

transferase) activities 

• increased antioxidant en-

zyme (e.g. peroxidases, 

catalase, SOD) activities 

• increased antioxidant  

solute (e.g. ascorbate,  

glutathione, thiols)  

concentrations 

• increased contents of  

phenols, sterols and  

flavonoids 

• increases in starch synthe-

sis enzyme activities 

• starch accumulation 

Heavy metals 
Cd, Co, Cu,  

Cr, Hg, Zn,  

Ni, Pb 

S. polyrhiza 

La. punctata 

Le. minor 

Nanoparticles Ag, Cu 
S. polyrhiza 

Le. minor 

Wo. globsa 

Metalloids As, B, Se 
La. punctata 

Le. minor/gibba 

Wo. arrhiza 

Rare earths Pr, Ce S. polyrhiza 

Organic xenobiotics 

Natural chemicals: 

  bacterial toxins 

  coal tar hydrocarbons 

 

coronatine 

fluoranthine 

 

Le. paucicostata 

Le. minor 

Industrial chemicals: 

  solvents 

  dyes 

  surfactants 

 

diethyl phthalate 

Malachite Green 

alkyl dimethyl 

amine oxide 

 

S. polyrhiza 

Le. minor 

Le. minor 

Agricultural  

chemicals: 

  herbicides 

  insectucides 

  fungicides 

  growth retardants 

  anti-ozonants 

 

 

atrazine 

teflubenzuron 

epoxiconazole 

uniconazole 

ethylene diurea 

 

 

Le. minor 

Le. minor 

Le. minor 

La. punctata 

Le. minor 

Pharmaceuticals: 

  analgesics 

  antibiotics 

  anti-depressants 

 

diclofenac 

tetracycline 

fluoxetine 

 

Le. minor 

Le. minor 

Le. minor 

Particles: polyethylene  

microbeads 
Le. minor 
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Chlorophyll fluorescence also plays an important role as a “classical” biomarker of
toxic effect in duckweeds. It is light re-emitted by light-excited chlorophyll molecules that
return to non-excited states and is—as a non-invasive measurement of photosystem II
(PSII) activity—an indicator of photosynthetic energy conversion in plants. Chlorophyll
fluorometer protocols measure the photosynthetic efficiency of PSII, both in the light
(ΔF/Fm’) and in a dark-adapted state (Fv/Fm) in terms of multiple fluorescence parameters
(see [94]). Chorophyll fluorescence-based bioassays for rapid, high-throughput screening
of toxic effects on the photosynthesis of aquatic macrophytes were introduced soon after
the establishment of the standardized duckweed toxicity tests [95,96]. They have played
an important role in duckweed toxicity testing ever since (see Table 3) and remain at the
forefront of the characterization of toxic effects of water contaminants on duckweeds.

Chlorophyll fluorescence imaging-based phenotyping of S. polyrhiza exposed to Ni, Cr
and NaCl showed that nine calculated fluorescence parameters exhibited very divergent
sensitivities to dark- and light-adapted states of photosystem II activity, indicating the
importance of assessing several chlorophyll fluorescence parameters in relation to toxi-
city [94]. This study also indicated that changes in duckweed photochemical efficiency
do not necessarily correspond to growth responses. On the other hand, the exposure of
Le. minor and S. polyrhiza to 3, 30 and 600 mg dimethyl phthalate (DMP)/L showed that
multiple chlorophyll fluorescence parameters exhibited significant alteration only at the
highest DMP concentration, in accordance with reduced chlorophyll accumulation as a
standard toxicity index at this concentration only [97]. This study also highlighted the
utility of leaf reflectance spectra, which reflect both leaf surface and internal structure and
pigment characteristics, as biomarkers complementary to chlorophyll fluorescence param-
eters. The values of six spectral reflectance indices only varied significantly in concord
with fluorescence parameter changes at the highest DPM concentration. In addition, the
chlorophyll fluorescence imaging technique allowed the assessment of spatial variations
in the distribution of chlorophyll fluorescence within the leaves. This has been further ex-
panded upon by the use of chlorophyll fluorescence imaging to demonstrate the functional
heterogeneity of fronds and colonies of S. polyrhiza, La. punctata and Le. minor treated with
Ni and Cr [57].

4.2.2. The Progression of Toxic Effects in Time

Most biomarkers of toxic effect are determined at defined times after the onset of
treatment: at 1 to 7 days, as discussed above. Monitoring the appearance or development
of such biomarkers within these timespans would permit judgement as to the progression
of toxicity along a timescale. This can be important to judge whether standardized toxi-
cological endpoint measurements reflect continual ongoing toxicity or if they result from
toxic processes that are either belatedly or no longer effective.

Any non-invasive measurement regime leaving the test material intact, i.e., digital
frond imaging with CCD cameras or chlorophyll fluorescence detectors, is suitable for
repeated timeline measurements. An early example of this is the digital capture of Le.
paucicostata frond images at daily intervals during the week-long exposure of the duckweed
to numerous herbicides [38]. Visualization of the short-term progression of oxidative stress
in Le. minor was described in 2007, whereby emissions of a fluorescent probe due to reactive
oxygen species production elicited by the vitamin menadione were captured by an electron-
multiplying CCD camera at intervals over a period of 6 h [98]. Although this was claimed
to represent the observation of real-time toxicity, the continual CO2 uptake/emission
measurements made with Le. minor exposed to four herbicides and four metals using
a respiratory activity measuring system based on infrared (IR) technology over a 24 h
period [99] more accurately reflect the progress of toxicity in real time. CO2 exchange rates
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were stimulated at low concentrations of the test substances and mostly inhibited at high
concentrations. Short-term repetitive or continuous measurement of oxidative stress or CO2

exchange rates could accordingly be promising for initial screening for potential toxicity.
Interestingly, the IR spectroscopy that was used to quantify decarboxylation reactions in
biogenic amine biosynthesis [55] could also be used to monitor numerous toxicity-related
enzyme reactions by determining absorbance changes in reactants over time [100,101].

Chlorophyll fluorescence parameters are most promising for repeated analysis in real
time using the commercially available Imaging-PAM and FluorCam platforms (see [94]).
Indeed, an Ecotox Photosystem Tool has recently been developed that combines the use
of an Imaging PAM CCD camera and an IR gas analyser to enable simultaneous and
continuous measurements and analysis of leaf area, CO2 exchange and chlorophyll fluores-
cence parameters [102]; see also [97]. Such a sophisticated system enables non-destructive
analysis (allowing further investigation of the test material) that can detect multiple early
toxicity symptoms even if no macroscopic indications of toxicity are evident.

4.3. Modern Methods of Biomarker Analysis

In recent years, sophisticated techniques for analysing transcripts, proteins and
metabolites from plant material have made possible the determination of large numbers
of biomarkers of toxic effect in duckweed tissues. These techniques can reveal numerous
toxicity-associated biomarkers that are complementary to individual “classical” biomarkers
that may have been detected. Such biomarkers constitute the “omics”, or the collective
characterization and quantification of entire sets of biological molecules that translate
into the structure, function and dynamics of an organism. The application of transcrip-
tomics, proteomics, metabolomics and lipidomics to duckweed toxicity testing has greatly
expanded the possibilities of achieving a comprehensive understanding of mechanisms un-
derlying toxicity. This development has been complemented by the possibility of assessing
changes in complex polymeric structures—including cellular DNA—that are associated
with toxicity to duckweeds. Transformation has also become a tool in toxicity research in
duckweeds, especially with respect to phytoremediation. Table 4 gives an overview of the
investigations that have been carried out in these regards. The integration of the biomarker
data available from these various modern approaches can throw comprehensive new light
on toxicity to duckweeds.

4.3.1. Transcriptomics

The microarrays that were in early use to detect differential gene expression in plant
material were not made use of in duckweed toxicity testing, but modern transcriptomic
analysis is now being applied in this regard. High-throughput or next-generation sequenc-
ing enables DNA and RNA to be sequenced in a rapid and cost-effective manner. It can
reveal the differential gene expression that takes place in duckweeds in response to stimuli
or triggers and leads to the overall response of the organism. It has been useful in this
regard for understanding how duckweeds react and respond to stresses elicited by, e.g.,
ionizing radiation in Le. minor [116], salinity in S. polyrhiza [117], heat in S. polyhiza [118]
and N starvation in Le. aequinoctialis [119]. It has also been used to analyse phytohormone-
triggered developmental changes in duckweeds, e.g., salicylic acid-induced flowering in Le.
gibba [120] and abscisic acid-induced turion formation in S. polyrhiza [121] (see also [122]).
Transcriptomics has, however, only seldom been applied to the determination of toxicity
due to water contaminants in duckweeds.
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Table 4. Investigations carried out to describe toxicity to duckweeds in contemporary approaches
complementary to the acquisition of the “classical” biomarkers of effect referred to in Section 4.2. The
results of the individual studies are discussed in the text.

Type of Investigation Toxin Duckweed Species Reference

Transcriptomics

NH4
+ Lemna minor [103]

Cd Landoltia punctata [104]
heavy metal mixture Spirodela polyrhiza [105]

atorvastatin/bentazon Lemna minor [106]
imazamox Lemna minor [29]

Proteomics
Al Lemna minor [107]

atorvastatin/bentazon Lemna minor [106]

Metabolomics

herbicides, phytotoxin Lemna minor [84]

herbicides Lemna minor [108]

diclofenac Lemna minor [109]
Lipidomics heavy metal mixture Spirodela polyrhiza [105]

FTIR spectroscpy
herbicides, heavy metals Lemna minor [110]

fluoralkyls Lemna minor [111]

Genotoxicity

Hg Lemna minor [112]

Zn-MP/NP Lemna minor [113]

dimethyl phthalate Spirodela polyrhiza [114]

Transformation
Cd Lemna turionifera [115]

heavy metal mixture Spirodela polyrhiza [105]

The inhibitory action of high concentrations of ammonium on the growth of Le. mi-
nor [123] was found to correspond to over 14,000 differentially expressed genes (DEGs) [103].
Most of the DEGs were downregulated under NH4

+ toxicity. However, genes required for
lignin biosynthesis in the phenylpropanoid biosynthesis pathway were upregulated, which
indicates a strengthening of the cell wall. Genes related to programmed cell death were
also upregulated, as were genes involved in the production of both reactive oxygen species
(ROS) and the antioxidant enzyme system to scavenge the ROS.

The heavy metal cadmium (Cd) is a potent inhibitor of the growth of duckweeds
such as Le. minor and S. polyrhiza [30,78]. A transcriptomic analysis of La. punctata to
investigate the relative tolerance of this species to Cd [104] detected over 9000 DEGs
associated with Cd toxicity, including genes associated with DNA repair and carbohydrate
metabolic flux. Transcripts encoding enzymes involved in cell wall biosynthesis were
downregulated, while the transcription levels of genes involved in glycolysis and the
tricarboxylic acid cycle were upregulated. Upregulated transcripts encoded enzymes
involved in sulphur assimilation and in antioxidation to combat ROS metabolism and led to
enhanced expression of tonoplast-localized transporters to facilitate vacuolar accumulation
of Cd. In a recent study of the tolerance of S. polyrhiza to heavy metal stress [105] (see also
Section 4.5), the expression of genes involved in fatty acid biosynthesis, β-oxidation and
lipid degradation was shown to be upregulated to enable the incorporation of oxidative
lipid degradation products into triacylglycerides to prevent cellular lipotoxicity due to the
presence of unsaturated free fatty acids. A particularly highly expressed transcription factor
was also indicated to be important in imparting heavy metal tolerance (see Section 4.5).
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Transcriptomics have also been employed in two recent studies examining the toxic
effects of organic xenobiotics on duckweeds. In an examination of the influence of the phar-
maceutical atorvastatin and the herbicide bentazon on Le. minor [106] (see also Section 4.3.2),
the herbicide resulted in a far greater number of DEGs than did the pharmaceutical at low ef-
fective growth-inhibitory concentrations. Highly regulated genes of the ethylene-activated
signalling pathway and of lipid and glycerophospholipid metabolism were differentially
expressed only in response to atorvastatin, while the expression of highly regulated genes
of cellular responses to light stimuli and to photosynthesis was affected only by exposure to
bentazon, thus giving an indication of how specific the underlying mechanisms of toxicity
can be with the elicitor. In an investigation of the mechanism of enantioselective toxicity,
racemic- (Rac-), R- and S-preparations of the chiral imidazolinone pesticide imazamox
(IM) were applied to Le. minor [29]. Transcriptional analysis showed that the treatments
with Rac-, R- and S-IM produced 3107, 2580 and 13 DEGs, respectively, which were con-
sistent with the comparative extent of toxicity of the three preparations to the duckweed.
The DEGs resulting from Rac- and R-IM administration were related mainly to photo-
synthetic carbon assimilation and antenna proteins, glutathione metabolism, the pentose
phosphate pathway, hormone signal transduction and zeatin biosynthesis. The DEGs in
the samples treated with S-IM were specifically related to phenylalanine metabolism and
phenylpropanoid biosynthesis. This study illustrates the specific toxicity and effects on
transcription that enantiomers can exert.

Transcriptomic analyses of the effects of water contaminants of duckweeds are major
projects that are not realistic options for routine and high-sample-volume toxicity testing.
Their value for elucidating the toxicity mechanisms related to selected water contaminants,
as illustrated above is, however, evident, and they should accompany the toxicity testing of
as many substances as is practical for better understanding of both elicitor- and duckweed-
specific toxicity. The comprehensive understanding of the gene expression involved in
water-borne toxicity to duckweeds afforded by transcriptomic studies can be complemented
by the use of further “omics” to illustrate the proteinaceous and metabolic consequences of
the differential gene expression having taken place.

4.3.2. Proteomics

Proteomics is a powerful tool for understanding changes in the plant proteome under
toxic stress. Changes in the protein composition of duckweed fronds induced by exposure
to water contaminants show the result of differential gene expression due to toxic influences.
This can be determined by the identification of tryptic peptides of proteins extracted from
control and stressed duckweed fronds by mass spectrometry and the quantitative relation
of their spectra to known protein structures. Using this approach, an analysis of the effect
of 15 days of exposure of Le. minor to aluminium (Al) detected 261 differentially expressed
proteins (DEPs) identified by MS/MS parallel to growth inhibition and chlorosis of the
fronds [107]. Most of the DEGs related to the citrate cycle and amino acid metabolism
were upregulated, whereas those associated with energy metabolism and glyoxylate and
dicarboxylate metabolism were predominantly downregulated. Antioxidant enzyme-
related proteins were important in the response to Al.

A recent transcriptomic analysis of the toxic action of the pharmaceutical atorvastatin
and the herbicide bentazon on Le. minor showed up to 1200 (80% downregulated) and
2700 DEGs (60% downregulated), respectively, depending on the elicitor concentrations
employed [106] (see also Section 4.3.1). A complementary proteomic investigation showed
that the regulation directions of the DEGs corresponded well to changes in the concen-
trations of the respective actual proteins, showing that DEGs can truly reflect changes in
protein composition (and vice versa). An interesting aspect of this study was that toxicity
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was determined preliminarily over a period of 7 days with a standardized test, whereupon
the sampling of the fronds for the transcriptomic and proteomic investigations was carried
out after only three days of exposure to the toxins and thus during the development of the
eventually determined toxicity.

4.3.3. Metabolomics

Metabolomics is important for understanding the composition and changes in the
plant metabolome under toxic stress. The metabolome of a plant at any one time represents
the entirety of the small-molecule substrates, intermediates and products of cell metabolism
present in the tissues, providing a direct functional readout of the physiological state of
the plant material. Metabolomics can thus relate global changes in metabolite composition
and changes in particular groups of metabolites to the detrimental impacts of water-borne
substances on duckweeds revealed by toxicity tests. In an early attempt at this, 1H NMR
fingerprints of extracts of Le. minor exposed to several different herbicides and a phytotoxin
revealed elicitor-specific differences in metabolic composition due mainly due to differences
in substances containing methylene, methine, hydroxy, amine, thiol, olefin and aldimine
groups [84].

More recently, comprehensive metabolomic analyses of toxicity in duckweeds have
been facilitated by the characterization of plant extracts by gas or liquid chromatography
coupled with mass spectrometry. GC/EI/MS has been used to show that the application
of the herbicides metribuzin and glyphosate and their mixtures to Le. minor results in
an increase in the amino acid pool, thus indicating increased proteolytic activity, and in
fluctuations in metabolites such as salicylate, caffeate, γ-aminobutyric acid, trehalose and
squalene that indicate the activation of pathways involved in the relief of stress [108]. The
anti-inflammatory drug diclofenac was shown by means of untargeted screening with
RPLC-HILIC-ESI-TOF-MS to result in changes in organic acids, lignin, sugars, amino acids,
dipeptides, flavonoids and fatty acids in Lemna minor that can be related to the activation of
various defence mechanisms to ameliorate stress conditions. A targeted analysis of amino
acid changes illustrated that different drug concentrations differentially influenced amino
acid synthesis pathways [109].

The metabolome is quantitatively related to the other cellular ensembles of the genome,
transcriptome, proteome and lipidome. The integration of metabolomics with other omics
information can provide a better understanding of toxicity to duckweeds in the sense of
systems biology. One recent attempt at this approach is the integration of transcriptomics
and lipidomics (lipid-related metabolomics) in the investigation of the toxic effects of
wastewater heavy metals on S. polyrhiza [105] (see also Section 4.3.1). This study revealed
that the heavy metal treatment stimulated degradation of the mono- and digalactosyldiacyl-
glyerol membrane lipids, resulting in the accumulation of toxic unsaturated free fatty acids,
and that these harmful degradation products were removed by incorporation (and thus
sequestration) into triacylglycerol. Parallel to these lipidomic findings, transcriptomic anal-
ysis revealed that genes involved in fatty acid synthesis, β-oxidation and lipid degradation
were upregulated, while genes involved in cuticular wax biosynthesis were downregulated
by the heavy metal treatment. The combination of metabolomics and transcriptomics led
to a comprehensive understanding of the effects of heavy metals on the lipid metabolism
of Le. minor. In the same vein, the complementation of transcriptomics by proteomics was
important for the understanding of the influence of atorvastatin and bentazon on Le. minor
referred to in Sections 4.3.1 and 4.3.2 [106].
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4.3.4. FTIR Spectroscopy

Fourier-Transform Infrared Spectroscopy (FTIRS) of duckweed fronds exposed to toxic
substances has enabled the detection of changes in complex polymeric molecules as well as
in metabolites associated with toxicity. FTIRS revealed biochemical alterations attributable
to structural protein, lipid, nucleic acid and carbohydrate changes associated with the
toxicity of Cu, Cr, the herbicides atrazine and acetochlor, and heavy metal-containing
industrial wastewaters to Le. minor [110]. In a similar vein, FTIRS showed that significant
structural and functional alterations were induced in Le. minor at the biochemical level
upon exposure to four per- and polyfluoroalkyl substances (PFASs) [111]. Even at PFAS
concentrations that did not visibly inhibit growth, lipid peroxidation, protein aggregation,
and protein and DNA conformation changes were observed: alterations in lipid, protein
and DNA were concentration-related and compound-specific. This would make FTIRS a
most sensitive indicator of even potential water-borne toxicity to duckweeds.

4.4. Genotoxicity

Are the toxic effects of water pollutants due merely to altered transcription and the
consequential changes in enzyme activities and metabolite levels, or is damage to the
DNA itself involved? While numerous environmental pollutants indeed cause damage to
plant DNA [124], research on the impact of water contaminants on aquatic organisms has
focused primarily on the physiological effects of the pollutants, while their genetic damage
potential remains poorly understood [125]. The investigation of water-contaminant-related
genotoxicity in duckweeds is still in its infancy.

DNA damage was indicated to accompany the effects of reduced photosynthetic pig-
ment synthesis and increases in oxidative stress markers and antioxidant enzyme activities
and metabolite concentrations in Le. minor exposed to mercury (Hg). The RAPD (ran-
dom amplified polymorphic DNA) profile of the treated plants exhibited new bands and
missing normal DNA amplicons, indicating a decline in genomic template stability [112].
The Comet assay that has been employed as a standard technique for evaluation of DNA
damage/repair, biomonitoring and genotoxicity testing in animal research since the 1980s
has only recently been used to detect DNA damage in both Le. minor and S. polyrhiza upon
treatment with dimethyl phthalate (DMP) [114] and in Le. minor upon exposure to micro-
and nano-zinc (Zn) particles [113]. The detection of the genotoxic effect of DMP as soon
as 24 h after the onset of treatment indicates that DNA damage can provide a very rapid
indication of severe toxic effects. The DNA damage was considered in both studies to
result from the impact of reactive oxygen species (ROS) formed as a response to the DMP
and Zn particle treatments, in agreement with the view that DNA damage quite generally
results from oxidative stress [124]. The routine investigation of potential genotoxicity could
be profitably integrated into toxicity testing with duckweeds to provide a comprehensive
overview of the damage to DNA that water contaminants can exert on duckweeds as repre-
sentatives of higher aquatic plants. This could be most practically realized by extensive use
of the widely used Comet assay that is a versatile, sensitive and relatively straightforward
procedure that allows for high-throughput screening [125]. Since the Comet assay indicates
reversible DNA damage [125], it provides the opportunity to better understand metabolic
responses to water-borne toxicants in terms of how these responses (e.g., the enhancement
of antioxidative solute concentrations and enzyme activities) may relate to the alleviation
of conditions leading to DNA damage (i.e., the presence of high reactive oxygen species
contents) to allow DNA repair to take place.
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4.5. Transformation

The diagnostic value of biomarkers identified in relation to toxicities to duckweeds
may be enhanced in some cases by integrating transformation procedures into the analysis
of toxicity. This has recently been the case in two examinations of heavy metal toxicity pri-
marily concerned with understanding and improving the tolerance of duckweeds to heavy
metals. Tolerance to heavy metals—or other water contaminants—is an important property
of duckweeds in their use in the remediation of contaminated wastewater or natural waters,
which is an important opportunity for putting duckweeds to good use [16,17,126]. All
manner of water contaminants can be removed from water by duckweeds, the versatility
of Le. minor in this regard being particularly impressive [127]. A typical recent environ-
mentally relevant example illustrates the potential of a duckweed (Le. aequinoctialis) to
remove contaminants (the metals Cd, Cr, Pb and V) from artificial wetland water [128]. The
remediative ability of duckweeds presupposes the ability of the macrophytes to tolerate
certain levels of the toxicants that are to be taken up: increased tolerance enhances the
remediative potential.

In one case, the biomarker providing an impetus for the transformation was a metabo-
lite, in the other a gene expression product. It is of note that neither of these studies
employed a toxicity test per se to document the heavy metal toxicity underlying toler-
ance phenomena (although some indications of toxicity compatible with such tests were
provided): they illustrate the use of biomarkers to define toxicity (see Section 4).

One of the metabolites found to respond to Cd stress in Lemna turionifera (indicated
morphologically by increased root abscission) is glutamate (Glu), the content of which
increased and activated the Ca2+ signalling pathway in fronds [129]. Phosphoserine amino-
transferase (PSAT), a crucial enzyme in Glu metabolism, from Arabidopsis thaliana was
introduced into Le. turionifera, and the response of the transformed duckweed to exposure
to Cd was examined [115]. The PSAT-transgenic duckweed proved to be better-suited
to tolerate Cd stress than the wild type, as indicated by prevention of root abscission,
increased photosynthetic capacity and pigment content, and upregulated antioxidant en-
zyme activities. In addition, an upregulation of Glu metabolism-related enzymes and an
increased Glu content were determined by transcriptomic and metabolomic analyses. The
observation of Glu as a Cd toxicity-related biomarker thus led to the insight of the probable
importance of Glu metabolism for heavy metal tolerance in aquatic plants.

A transformational offshoot of the transcriptomic identification of a biomarker was
a valuable component of a study providing insight into the mechanisms of heavy metal
stress in S. polyrhiza [105]. Treatment of the duckweed with heavy metals in flue gas
desulphurization (FGD) wastewater resulted in reduced growth, chlorosis and decreased
chlorophyll content of the fronds, which are indeed criteria of toxicity according to the
standardized duckweed toxicity assays. Lipidomic and transcriptomic investigations
revealed reduced membrane lipid biosynthesis and stimulated lipid degradation resulting
in triacylglycerol and carbohydrate accumulation. Fatty acid biosynthesis, β-oxidation and
lipid degradation-related genes were upregulated, in contrast to downregulated cuticular
wax biosynthesis genes. Of particular interest was the identification of a highly upregulated
transcription factor gene (SpWRI3), the ecotopic expression of which in A. thaliana led to
increased tolerance of the transgenic plant to FGD wastewater (lower malondialdehyde
and higher glutathione levels). This indicates that SpWRI3 is important for the tolerance of
S. polyrhiza to heavy metals.

The insights into water contaminant tolerance gained from these studies suggest
that targeted transformation of duckweeds, for which protocols have been developed
(see [8,126]), can be an effective tool to improve the water remediation capacity of the
macrophytes. An example is the overexpression of the photorespiratory pathway gene
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serine: glyoxylate aminotransferase from A. thaliana that led to salt stress tolerance in Le.
minor [130]. Transformation can be a useful tool for understanding toxic scenarios, as
illustrated in the two examples detailed above, but the advisability of its actual imple-
mentation can only be decided upon on the basis of appropriate toxicity indices on an
individual basis. It is not suitable for routine introduction into duckweed toxicity testing,
as it does not reveal the results of toxicity itself but is rather a specifically defined genetic
manipulation useful for the interpretation, and possibly the exploitation, of these results.
Transformation is not the only molecular tool that can be used to this end. The genetic
constitution of duckweeds may also be able to be altered to improve the water-remediative
attributes of the macrophytes by techniques such as the artificial miRNA gene silencing
shown to suppress the expression of the magnesium chelatase subunit CH42 that resulted
in a reduction in chlorophyll pigmentation in Le. minor [131]. Another promising technique
is the CRISPR/Cas9-mediated gene editing [132] that produced biallelic mutations with an
albino phenotype in Le. aequinoctialis [133] in its only application to date in duckweeds.

5. Conclusions

The standardized tests that were established between 1991 and 2006 remain popular to
the present and are still quite adequate for determining water-borne toxicity to duckweeds
as representatives of higher aquatic plant life. Experience has shown that duckweed species
other than Le. minor and Le. gibba—especially S. polyrhiza—are also suitable for toxicity
testing. Efforts to downsize and shorten the test procedures have been most successful with
the development of new standardized toxicity tests using the endpoints of root re-growth
and first-frond growth immediately following turion germination. The classical metabolic,
enzymatic and physiological biomarkers that have long been determined in the context of
toxicity to duckweeds are still valuable descriptors of water-borne toxicity, and progress
has been made in monitoring them along time-lines. However, recent developments in
transcriptomics, proteomics and metabolomics—complemented by genotoxicity assays
and transformation approaches—can provide much more toxicity-related data that are
invaluable for the understanding of the mechanisms underlying toxicity. In an earlier
paper, a proposal was made for the identification of unknown toxicants in contaminated
water samples on the basis of toxicant-biomarker databases [1]. The realization of this
goal becomes ever more feasible with the wealth of biomarkers of toxic effect that can be
made available by the modern approaches to duckweed toxicity description described in
this review.
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