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The Application of Electrochemical Methods in Water Treatment

Min-Hua Cui * and Guo-Shuai Liu
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Wuxi 214122, China; gsliu@jiangnan.edu.cn
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Water resources form the cornerstone of sustainable development in human society.
Over the past century, the accelerating pace of industrialization and urbanization has
resulted in the discharge of significant pollutant loads stemming from anthropogenic activ-
ities. Simultaneously, the diversification of societal needs has prompted the widespread
development and release of numerous synthetic compounds into aquatic environments,
thereby increasing the complexity of water pollution and presenting formidable challenges
for effective treatment. Against this backdrop, the advancement of wastewater treatment
technologies becomes imperative for reducing contaminant concentrations to levels below
ecologically acceptable thresholds, an essential prerequisite for safeguarding ecosystem
health and ensuring the protection of public health.

For conventional pollutants commonly found in domestic wastewater, such as sus-
pended solids, organic matter, nitrogen, and phosphorus, mature biochemical treatment
technologies have been widely adopted in engineering practice, demonstrating robust
performance and operational reliability [1]. However, the growing prevalence of emerging
contaminants (ECs) in recent years has introduced substantial new challenges to the field of
water treatment. ECs comprise a diverse array of substances, including persistent organic
pollutants (POPs), endocrine-disrupting compounds (EDCs), antimicrobials, antibiotics,
microplastics, and nanoparticles. Of particular concern are pharmaceuticals and personal
care products (PPCPs), which represent a class of recalcitrant organic pollutants charac-
terized by high chemical stability and low biodegradability. Even at trace concentrations,
these substances can pose significant risks to both ecosystems and human health. Studies
have shown that conventional wastewater treatment processes are often inadequate for
the effective removal of many ECs, with residual contaminants frequently detected in sec-
ondary effluents or wasted sludge, thereby entering natural water bodies and exacerbating
ecological risks [2]. As a result, the development of efficient, sustainable, and scalable
treatment technologies specifically targeting these persistent and hazardous compounds
has become a critical and urgent priority.

In response to these challenges, researchers have explored a broad range of advanced
pollutant removal strategies, including membrane separation, adsorption, chemical oxi-
dation, and electrochemical techniques. Among these, electrochemical technologies have
garnered increasing attention due to their high removal efficiency, operational simplicity,
and precise process control. Particularly noteworthy is the integration of electrochem-
ical and biological processes within bioelectrochemical systems (BESs), which offers a
promising pathway to overcome limitations commonly associated with conventional elec-
trochemical methods, such as high energy consumption and the generation of undesirable
byproducts. This synergistic approach not only mitigates inherent drawbacks but also
broadens the applicability of electrochemical treatment to complex and variable wastewater
matrices [3].

Water 2025, 17, 2551
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Against this backdrop, the Special Issue “Applications of Electrochemical Methods in
Water Treatment (AEMWT)” was launched in the journal Water, with the objective of show-
casing recent advances in electrochemical technologies and electron transfer mechanisms
relevant to water treatment. This collection features cutting-edge research that bridges
fundamental theoretical understanding with practical applications, addressing the urgent
global need for effective wastewater treatment and the sustainable management of related
solid waste.

This Special Issue presents a selection of exemplary studies that collectively underscore
the versatility and potential of various technologies, especially the electrochemical tech-
nologies in tackling both conventional and emerging contaminants. Hong et al. developed
an advanced oxidation system that integrates an air-diffusion cathode with ultraviolet (UV)
irradiation. In this system, electrochemically generated hydrogen peroxide is activated
by UV light, enabling the efficient mineralization of organic pollutants in lake water. The
system exhibited excellent operational stability over extended periods and significantly
enhanced the microbial safety of the treated water, offering a practical and scalable solution
for water purification in regions experiencing water scarcity [contribution 8]. Guo et al.
investigated the impact of different electron donor types on the microbial community struc-
ture and functional dynamics of electrode biofilms in BESs. It demonstrated that simple
organic substrates (e.g., sodium acetate and glucose) rendered microbial communities more
sensitive to electrode polarity, whereas complex substrates, such as actual domestic wastew-
ater, promoted higher microbial diversity and community stability, with stronger spatial
responses to electrode positioning. These findings provide important insights for optimiz-
ing the design and operational parameters of BESs [contribution 2]. Yao et al. proposed a
hybrid denitrification system that couples solid-phase heterotrophic denitrification with
electrochemical hydrogen autotrophic denitrification. Using polycaprolactone as a solid
carbon source, the system achieved effective removal of nitrate from groundwater. Electri-
cal stimulation was found to significantly enrich dominant denitrifying and electroactive
microorganisms, with the reduction step from nitric oxide to nitrous oxide identified as the
rate-limiting stage. This integrated approach offers an innovative strategy for mitigating
nitrate pollution in groundwater environments [contribution 3]. Besides, other emerging
studies have also provided unique insights into wastewater treatment and resource recov-
ery applications. Lu et al. investigated the ozonation (O3 /H,0O;) degradation of atrazine in
phosphate buffer (pH 7), achieving a 92.59% removal rate under optimal conditions (25 °C,
20 mol/L O3, 20 mol/L HyO,). Mechanism analysis revealed a synergistic 1:1 oxidation by
HO- and O3 under acidic conditions, with HO- playing the dominant role. Kinetics followed
a pseudo-second-order model across various temperatures, pH, and H,O, concentrations
[contribution 1]. Wang et al. revealed that the addition of biocompatible high-mesh metal
materials (Ni, Cu, stainless steel) significantly enhanced methane production from waste
activated sludge by up to 61% (77.52 mL gVSS™!) via promoting microbial cooperation and
enriching syntrophic bacteria and methanogens, with electron transfer on metal surfaces
further improving efficiency [contribution 4]. Ouyang et al. prepared rabbit manure biochar
(RBC) at different pyrolysis temperatures (400-600 °C) and found that RBC600 exhibited
the highest catalytic activity for activating peroxymonosulfate (PMS), degrading 93.38% of
rhodamine B within 60 min via both free-radical (SO;~ -, -OH) and non-radical (dominant
10,) pathways, while maintaining preferable reusability over five cycles, enabling waste
reuse and efficient organic wastewater treatment [contribution 5]. Huang et al. developed
a co-pyrolysis method for Fenton sludge and pomelo peel that significantly enhanced
biochar surface area and aromaticity, effectively immobilizing heavy metals by converting
them into stable fractions and reducing leachability, thereby lowering ecological risk from
considerable pollution to moderate or clean levels [contribution 6]. Guo et al. demonstrated
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that UV365 was the most effective wavelength in generating reactive species ((DOM?*, 10,,
and -OH) from dissolved organic matter (HA, FA, EfOM), achieving the highest formation
rates, steady-state concentrations, and quantum yields, thereby enhancing understanding
of DOM photochemistry in aquatic environments [contribution 7]. Hou et al. demonstrated
that the heterotrophic nitrification—aerobic denitrification strain JQ1004 efficiently removed
nitrogen primarily through assimilation (54.61%) and heterotrophic nitrification—aerobic
denitrification, with maximum degradation rates of 7.93 (ammonia) and 4.08 mg/(L-h)
(nitrate), and revealed a potential direct ammonia oxidation pathway (dominated by highly
transcribed amoA) alongside high oxygen tolerance and pH sensitivity of key functional
genes [contribution 9]. Zhang et al. prepared N and KHCOj3 co-modified biochar from
rapeseed straw, which exhibited a high tetracycline adsorption capacity of 604.71 mg/g
through multiple mechanisms including pore filling, 7=— interaction, and hydrogen bond-
ing, demonstrating great potential for antibiotic removal from water [contribution 10].

The contributions to the AEMWT Special Issue collectively reflect both significant
advancements and enduring challenges in the application of electrochemical technologies
for water treatment. These studies not only highlight important technological break-
throughs but also contribute to the establishment of a solid theoretical foundation and
practical framework to guide future research and engineering implementation in this
rapidly evolving field.

We extend our sincere gratitude to all the authors whose contributions to this Special
Issue exemplify intellectual rigor and a deep commitment to advancing the field. Their
works have significantly expanded the frontiers of knowledge in electrochemical water
treatment. We are equally grateful to the expert reviewers for their meticulous evaluations
and scholarly insights, which have been instrumental in ensuring the academic integrity
and high quality of this publication. Special appreciation is also due to the Water editorial
team for their steadfast support and seamless coordination, which enabled the successful
and timely release of this issue. It is through this collective effort that we have assembled a
forward-looking and practically impactful body of work.

In conclusion, the AEMWT Special Issue marks a significant milestone in the applica-
tion of electrochemical technologies to address contemporary water pollution challenges.
As researchers dedicated to this field, we are both encouraged and inspired by the achieve-
ments presented herein. We warmly invite colleagues around the world to join in fostering
innovation and collaboration aimed at advancing electrochemical water treatment toward
broader implementation and technological maturity.

Author Contributions: Writing—original draft preparation, M.-H.C.; writing—review and editing,
M.-H.C. & G.-S.L. All authors have read and agreed to the published version of the manuscript.
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Abstract: Using rapeseed straw as a raw material and potassium bicarbonate (KHCO3) and urea
(CO(NH,;),) as modification reagents, the pyrolysis raw materials were mixed in a certain proportion,
and the unmodified biochar GBC800, KHCO3-modified biochar KGBC800, and (KHCO3)/(CO(NH>),)
co-modified biochar N-KGBC800 were, respectively, prepared using the one-pot method at 800 °C.
The physicochemical properties, such as surface morphology, pore characteristics, functional group
distribution, and elemental composition of the three biochars, were characterized, and the adsorption
performance and mechanism of the typical antibiotic tetracycline (TC) in water were studied. The
results showed that the surface of GBC800 was smooth and dense, with no obvious pore structure,
and both the specific surface area and total pore volume were small; the surface of KGBC800 showed
an obvious coral-like three-dimensional carbon skeleton, the number of micropores and the specific
surface area were significantly improved, and the degree of carbonization and aromatization was
enhanced; N-KGBC800 had a coral-like three-dimensional carbon skeleton similar to KGBC800, and
there were also many clustered carbon groups. The carbon layer changed significantly with interlayer
gaps, presenting a multi-level porous structure. After N doping, the content of N increased, and
new nitrogen-containing functional groups were formed. When the initial TC concentration was
100 mg/L, pH = 3.4, the temperature was 25 °C, and the dosage of the three biochars was 0.15 g/L,
the adsorption equilibrium was reached before 720 min. The adsorption capacities of GBC800,
KGBC800, and N-KGBC800 for TC were 16.97 mg/g, 294.86 mg/g, and 604.71 mg/g, respectively.
Fitting the kinetic model to the experimental data, the adsorption of TC by the three biochars was
more in line with the pseudo-second-order adsorption kinetic model, and the adsorption isotherm
was more in line with the Langmuir model. This adsorption process was a spontaneous endothermic
reaction, mainly chemical adsorption, specifically involving multiple adsorption mechanisms such as
pore filling, electrostatic attraction, hydrogen bonds, n—rt interaction, Lewis acid-base interaction,
n—7t stacking, or cation —7 interaction between the aromatic ring structure of the carbon itself
and TC. A biochar-adsorption column was built to investigate the dynamic adsorption process of
tetracycline using the three biochars against the background of laboratory pure water and salt water.
The adsorption results show that the Thomas model and the Yoon—-Nelson model both provide better
predictions for dynamic adsorption processes. The modified biochars KGBC800 and N-KGBC800 can
be used as preferred materials for the efficient adsorption of TC in water.

Water 2024, 16, 2522. https:/ /doi.org/10.3390/w16172522 5 https:/ /www.mdpi.com/journal/ water
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Keywords: biochar; potassium bicarbonate modification; nitrogen doping; tetracycline; adsorption
mechanism

1. Introduction

China has a huge population and a strong demand for agricultural products. In
2021, China’s grain output was 682.85 million tons, and the output of rice, wheat, corn,
rapeseed, etc. accounted for about 20% of the global output [1]. Rapeseed is a major crop in
China’s oil economy [2]. In 2021, the output of rapeseed straw in China was approximately
29.147 million tons, the total amount of straw collected reached 23.684 million tons, and the
comprehensive utilization amount was 20.591 million tons [3]. According to the statistics
from the National Grain and Oils Information Center, by 2025, the planting area of rapeseed
in China will reach about 80 million hectares. At that time, along with the planting and
processing of rapeseed, its straw output will increase rapidly. The “14th Five-Year Plan
for the Development of Circular Economy” clearly states that it is necessary to strengthen
the resource utilization of wastes in the agricultural production process and promote the
efficient utilization of agricultural and forestry wastes, such as crop straws, livestock and
poultry manure, forestry wastes, and by-products of agricultural product processing [4].
In recent years, the resource utilization technologies of agricultural wastes at home and
abroad and related research have significantly developed. In addition to the conventional
“five utilization methods”, namely, fertilization, feed utilization, combustion, substrate
utilization, and raw material utilization. There are also deep processing and transformation
technologies, such as solidification utilization technology, gasification utilization, and
liquefaction utilization technology. The former has the disadvantage of a low utilization
degree, while the latter has high requirements for equipment and technology and is difficult
to popularize [5]. Therefore, exploring the efficient utilization of rapeseed straw has become
the only way to support the sustainable development of the rapeseed industry.

Tetracycline (TC), an antibiotic with a strong antibacterial effect, low cost, and low
allergenicity, is widely used in human health, animal disease control, and feed additives.
China is the country with the largest production and usage of tetracycline worldwide [6].
Meanwhile, due to China’s aquaculture area and aquatic product output accounting for
more than 60% of the global total, according to the “2022 National Fishery Economic Statis-
tics Bulletin”, the national aquaculture area reached 7,107,500 hm?, including 2,074,420 hm?
of marine aquaculture area and 5,033,080 hm? of freshwater aquaculture area [7,8]. A
large amount of tetracycline is used in the breeding process. Tetracycline is difficult for
humans and animals to absorb. About 70-90% is discharged into water bodies or soil
through urine and feces. Tetracycline is difficult to degrade in the natural environment,
has poor biodegradability, and can also induce the production of resistant microorganisms
and resistance genes, leading to serious biological environmental pollution and endan-
gering public health [9]. Currently, the main methods for removing tetracycline from
water include advanced oxidation methods [10], biological treatment methods [11], and
adsorption methods [12]. Among them, the adsorption method has the advantages of
low cost, simplicity, efficiency, and no harmful by-products and is considered one of the
most effective wastewater treatment methods [13]. The original biochar has problems such
as poor anti-interference ability and unsatisfactory adsorption capacity. Activation and
modification can effectively improve the adsorption performance of biochar. Du et al. [14]
prepared ginkgo biochar through ball mill modification, and its adsorption capacity for
target pollutant increased from 16.47 mg/g to 182.63 mg/g; Zhang et al. [15] used corn
cob waste as the experimental raw material and KOH as the modified activator. The
adsorption capacity of CBC750 prepared for TC was three times that of ordinary biochar
CBC. Sun et al. [16] prepared modified biochar with KOH and FeCl; to adsorb sulfonamide
antibiotics in water. The maximum adsorption capacities for sulfadiazine, sulfamethazine,
and sulfamethoxazole were 294.12 mg/g, 400.00 mg/g, and 454.55 mg/g, respectively,
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which were 5-7 times that of ordinary biochar. The nitrogen-doped biochar prepared by
using bagasse as the carbon source, melamine as the nitrogen source, and sodium bicar-
bonate as the pore-forming agent was proved by Che et al. [17] to be a reliable wastewater
treatment technology for adsorbing ciprofloxacin (CIP). In recent years, heteroatom dop-
ing has attracted much attention in improving the adsorption properties of carbon-based
materials. For example, Lu et al. [18] used cellulose and ammonium oxalate to synthesize
nitrogen-doped biochar with a layered porous structure, which enhanced the adsorption
of toluene. Li et al. [19] prepared nitrogen-doped biochar with corn and urea for CO,
adsorption, and studied that the introduction of surface N contributes to the generation of
ultrafine pores. At the same time, since N has lone pair electrons and high electronegativity,
the flow of 7t electrons in sp?C is enhanced through conjugation, resulting in more abundant
functional groups and surface defects [20,21]. Among the many current adsorbents, there
are few studies on modifying rapeseed straw to remove TC in water, and its adsorption
behavior characteristics and mechanism are still unclear.

Given this, this study aims to use rapeseed straw as the biomass raw material, potas-
sium bicarbonate (KHCO3) as the activator, and urea (CO(NH;),) as the nitrogen source to
prepare modified rapeseed straw biochar via one-pot oxygen-limited pyrolysis at 800 °C.
The possibility and influencing factors of its application in the removal of TC from water
bodies are discussed, and its adsorption mechanism is analyzed by combining kinetics,
adsorption isotherms, thermodynamic models, and characterization methods. This pro-
vides a new and effective method for using rapeseed straw and efficiently removing TC
from water.

2. Materials and Experimental Methods
2.1. Reagents and Apparatus Used in the Experiment
2.1.1. Test Reagents

Tetracycline hydrochloride, KHCOj3, urea, ethanol, HCl, NaOH, NaCl, MgCl,, Na;S, and
CaCl, are analytically pure and were purchased from Cologne (Chengdu) Chemical Co.

2.1.2. Laboratory Instruments

The main instruments and equipment used in the experiment include the follow-
ing: an ultraviolet—visible spectrophotometer (WFZ UV-4802, Shanghai, China), constant
temperature oscillation incubator (BS-2E, Changzhou, Jiangsu, China), tube furnace (BEQ-
1200C, Hefei, Anhui, China), precision bench top pH meter (pH S-3CU, Shanghai, China),
analytical balance (FA224, Shanghai, China), electric blast drying oven (DHG-9240A, Shang-
hai, China), high-speed multifunctional crusher (55-1022, Changzhou, Jiangsu, China),
UPU ultrapure water system (UPHW-IV-90T, Chengdu, Sichuan, China), peristaltic pump
(BT-100F, Baoding, HeBei, China), numerical control ultrasonic cleaner (CR-080S, Shen-
zhen, China), automatic sampler (CBS-A, Shanghai, China), scanning electron microscope
(ZEISS Gemini SEM 300, Baden-Wiirttemberg, Germany), BET-specific surface area ana-
lyzer (Quantachrome/ASiQwin, Boynton Beach, CA, USA), Fourier transform infrared
spectrometer (Thermo Scientific Nicolet iS5, Waltham, MA, USA), and X-ray photoelectron
spectrometer (Thermo Scientific K-Alpha, Waltham, MA, USA).

2.2. Preparation of Biochar

Experimental materials: rape straw from a farm in Pidu District, Chengdu City,
Sichuan Province.

The process of biochar production using rapeseed straw is shown in Figure 1.

Using rape straw as the raw material for pyrolysis to produce biochar, after removing
impurities such as stones and leaves, the straw was crushed using a crusher to pass through
a 100-mesh sieve for sieving. An appropriate amount of the material was weighed and
mixed at a ratio of biomass of KHCOj:urea = 1:1.5:1 and then sent into a tube furnace purged
with nitrogen for pyrolysis. The heating rate was 8 °C/min, the nitrogen flow rate was
50 mL/min, and the isothermal pyrolysis lasted 120 min. After the pyrolysis, the heating
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was stopped until it cooled to below 100 °C before removing it. The pyrolysis product was
mixed with 1 mol/L HCl at a solid-liquid ratio of 1:10 (g:mL), and ultrasonic cleaning was
performed for 15 min. Then, ultrapure water was added for cleaning, and this process
was repeated multiple times until the pH of the supernatant was approximately 7 and
remained stable. The resulting solid was collected, dried at 75 °C to a constant weight,
and then ground using a ceramic mortar and passed through a 100-mesh sieve to ensure
that the particle size of the material remained basically constant. After sieving, the solid
was collected to obtain the modified biochar. That created without adding potassium
bicarbonate and urea was named GBC800, the biochar with only potassium bicarbonate
added was named KGBC800, and the one with both potassium bicarbonate and urea added
was named N-KGBC800 biochar.

Rape Straw

Biochar precursor ——

Tube}urnace pyrolysis

n
v
F
ey
KHCO,
GBC800 \

«— \

100 mesh screening Grind

J ;

Centrifugal separation
KGBC800

N-KGBcsoo.

Figure 1. A flow chart of modified biochar preparation.

2.3. Adsorption Experiment
2.3.1. Batch Adsorption Experimental Method

First, a 1 g/L TC stock solution was prepared, which can be diluted to the required
concentration of TC reaction solution as needed. Then, 200 mL of TC solution with a
concentration of pp mg/L was taken and added to a 250 mL conical flask. Then, m g of
GBC800, KGBC800, and N-KGBC800 was weighed and added. The original pH of the
reaction solution was 3.4 (when exploring the effect of different pH on the adsorption
performance of biochar, 1 mol/L of NaOH and HCI were used to change the pH of the
solution). The solution was shaken in the dark at T °C and 150 r/min for f min. After the
reaction, it was taken out and left to stand. A 5 mL syringe was used to draw 2 mL of
the supernatant, and the biochar particles are filtered out through a 0.45 filter membrane.
The filtrate was placed in a colorimetric tube containing 2 mL of pure water and stored
at a low temperature for later use to determine its absorbance with an ultraviolet-visible
spectrophotometer. When investigating the effect of the initial pH of the solution, po, m, T,
and f were fixed at 100 mg/L, 0.15 g/L, 25 °C, and 720 min, respectively, and the pH = 3~11.
When investigating the effect of the biochar dosage, oo, pH, T, and ¢ were fixed at 100 mg/L,
3.4, 25 °C, and 720 min, respectively, and the variation range of m was 0.05to 0.4 g/L.
When investigating the effect of the reaction time, pg, m, pH, and T were fixed at 100 mg/L,
0.15 g/L, 3.4, and 25 °C, respectively, and the t values were 0, 5, 10, 20, 40, 70, 120, 180,
240, 360, 480, 600, and 720 min. Kinetic analysis was conducted based on the adsorption
experimental data under different f values. When investigating the effect of the initial TC
concentration of the solution and the reaction temperature, py, m, and pH were fixed at
100 mg/L, 0.15 g/L, and 3.4, respectively. The temperature varied at 15, 25, and 35 °C,
and the initial concentrations of TC were 10, 20, 30, 40, 50, 60, 70, 80, 90, and 100 mg/L.
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Adsorption isotherm models and adsorption thermodynamic analysis were conducted
based on the experimental results.

2.3.2. Biochar Fixed-Bed Adsorption Experiment

The laboratory apparatus is illustrated in Figure 2. The chromatography column had
an inner diameter of 10 mm and a length of 200 mm, and the filling sequence from bottom
to top was 2.0 g of 30-mesh quartz sand, 0.1 g of biochar, and 8 g of 30-mesh quartz sand. A
certain amount of TC sample was weighed and added to the brine (according to the mass
ratio of NaCl (2.5%), MgCl (1.1%), NaSOy (0.4%), and CaCl, (0.16%)) to obtain simulated
saline wastewater contaminated with TC (100 mg/L) as the reaction solution to be reacted.
The conductor entered the tank through the worm pump, adsorption column, and automatic
collector connection. The flow rate was adjusted to 2.0 mL/min of the reagent from the
bottom up through the absorption column. The sampling time interval was 10 min, and the
response time was 12 h. At the end of the reaction, the absorption rate was determined using
an ultraviolet spectrometer to calculate the outflow concentration of TC.

Effluent
|
~
Magnetic Stirrer Peristaltic Pump Biochar chromatography column

Figure 2. The biochar fixed-bed adsorption experimental device.

2.4. UV-Vis Spectrophotometric Analysis of Tetracycline

The detection method for TC: The absorbance of TC was 358 nm and was tested using
a UV-visible spectrophotometer. The formula for calculating the adsorption capacity is

shown below:
(CO - Ct) xV

g =T M

gt is the adsorption capacity at time t, mg/g; Cy is the initial concentration of the
pollutant, mg/L; C; is the concentration of the pollutant in the solution after a specific
time of adsorption, mg/L; m is the amount of adsorbent dosing, g; and V is the volume of
adsorbent solution, L.

3. Results and Discussion
3.1. Material Characterization Results
3.1.1. Analysis of Physical Properties of Materials
GBC800, KGBC800, and N-KGBC800 were placed under a scanning electron mi-

croscope to observe their structural features and microscopic patterns; the findings are
displayed in Figure 3.
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Figure 3. Scanning electron microscope images of biochar. (a,d) show the surface morphology of
GBC800, (b,e) show the surface morphology of KGBC800, and (c,f) show the surface morphology
of N-KGBC800.

In Figure 3a,d demonstrate the surface morphology of pristine rapeseed straw biochar
GBC800 without activation and heteroatom doping, which has a smooth and compact
surface without obvious pores and exhibits a dense carbon skeleton laminar structure with
no obvious pores present at the edge fracture.

The morphology of KGBC800 prepared by KHCO5 activation pyrolysis is shown
in Figure 3b,e, which exhibits an obvious pore structure on the carbon surface, with a
randomly generated coral-like carbon skeleton similar to a sphere and more extremely
small pores on the surface. This is because the gas generated by the thermal decomposition
of KHCO3 will continuously impact the surface of the biochar to make it more uneven. At
the same time, the thermal decomposition of K;COj3 generated by the heat into the cellulose
weakens the intermolecular hydrogen bonding within the straw, making the biomass
structure more easily damaged and forming a richer microporous structure. Around
700~800 °C, elemental K reacts with C to produce metal K, thereby continuing to etch the
pore structure [22]. The vapor precipitation of potassium metal squeezes into the carbon
interlayer to promote the activation reaction, forming a richer multilevel pore structure
and a larger specific surface area, presenting a continuous sheet of a spherical, coral-like,
three-dimensional pore structure [23].

Figure 3c,f demonstrate the surface morphology of N-KGBC800 prepared in the case
of KHCOj activation and CO(NH;),; doping, which exhibits a more complete stacked
structure with the same spherical coral-like pore structure as that of KGBC800, with the
pore sizes exhibiting a more irregular and inhomogeneous shape and the presence of a
certain thickness of gaps between its carbon layers, generating more fine particles and
pore channels. A two-dimensional network is generated between urea and H,O due to
strong hydrogen bonding, and KHCO3; and CO(NH;), molecules can enter the pores and
thermally decompose inside to form more micropores [24]. In addition, there are many fine
massive carbon layers with rough outer surfaces and extremely tiny cluster structures on
the surface, which may be formed due to chemical vapor deposition during the activation
process. At around 320 °C, urea can decompose into HCNO and NHj [25,26]. NHj reacts
chemically with the hydroxyl and carboxyl groups on the surface of the carbon layer
to produce nitrogen-containing functional groups such as -CO-NH,, -C-NH)y, etc. [27].
When the pyrolysis temperature exceeds 500 °C, NH3 begins to decompose continuously,
producing all kinds of chemical groups, which attack carbon-active sites on the surface of
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the biochar, leading to the formation of a larger surface area and a slight increase in the
volume of micropores of the modified biochar [24,28].

N, adsorption/desorption was performed on all three biochars at a temperature of
77.3 K. The results are presented in Figure 4, and the parameters are presented in Table 1.
With the addition of KHCOj3 and urea, the specific surface area and total pore volume of the
biochar were significantly enhanced and clearly differentiated, with the specific surface area
of N-KGBC800 being 1.4 and nearly 180 times higher than that of KGBC800 and GBC800,
respectively, and the total pore volume being 1.3 and 26 times higher than that of KGBC800
and GBC800, respectively. The specific surface area and the total pore volume of GBC800
were small, and the overall pores were dominated by mesopores. However, it is noteworthy
that the volume of micropores of KGBC800 was larger than that of N-KGBC800, and in
general, the introduction of urea, to a certain extent, should open up the micropores inside
the biochar even further. However, the microporous volume of N-KGBC800 decreases
instead. This is mainly because the carbon layer, under the impact of CO, and NH3 and
the etching of metallic potassium monomers, undergoes a vaporization reaction with tiny
potassium-containing compound crystals as the core, which cracks the surrounding carbon-
containing compounds and swells the micropores into medium- or large-sized pores or
leads to the loosening of its layers and fragility, which triggers the pore collapses.
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Figure 4. N, adsorption—desorption curves and pore size distribution curves of modified rape
straw biochar. (a) Biochar N, adsorption—desorption curve; (b) GBC800 pore size distribution graph;
(c) KGBC800 pore size distribution graph; and (d) N-KGBC800 pore size distribution graph.
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Table 1. Modified rape straw biochar BET parameters.

Parameters Unit GBC800 KGBC800 N-KGBC800
SBET m?/g 11.7 1477 2090
Votal cm3/g 0.05 0.96 1.27
Viic ecm3/g 0.00 0.41 0.36
Lo! nm 16.56 2.59 243

Note: ! The average pore size.

The pore structure of biochar is mainly divided into three types: macropore with a
pore radius greater than 50 nm, micropore with a pore radius less than 2 nm, and meso-
porous with a pore radius between 2-50 nm. According to IUPAC [29], GBC800, KGBC800
and N-KGBC800 belong to type IV adsorption isotherms. A significant hysteresis loop can
be observed at p/pg > 0.4, which is due to capillary condensation occurring in mesoporous
materials, indicating the presence of mesoporous biochar [30]. By observing (a) in Figure 4,
it is found that GBC800 has no obvious inflection point at p/pg < 0.1, indicating that there
are a large number of mesoporous pores on the surface of GBC800, while the number of
micropores is very small, which is consistent with the aperture distribution diagram. How-
ever, KGBC800 and N-KGBC800 have steep turning points before p/pg < 0.1, indicating
that they contain abundant micropore structures. Combined with (c,d) in Figure 4, it can be
seen that micropores occupy a dominant position in their structures. However, according
to parameter V,,;. in Table 1, the micropore volume of KGBC800 accounts for 42.64% of the
total pore volume. The micropore volume of N-KGBC800 accounted for 28.61% of the total
pore volume, because the number of micropores on the biochar surface did not necessarily
have a positive correlation with V4;./V . Although the average pore widths of KGBC800
and N-KGBC800 are 2.59 nm and 2.43 nm, respectively, the presence of a large number of
micropores on the surface still indicates that they belong to microporous materials.

3.1.2. Analysis of Chemical Properties of Materials

FT-IR was used to characterize and analyze the functional groups on the surface of
biochar, and the characterization results are shown in Figure 5. In the figure, The main
characteristic peaks of GBC800, KGBC800, and N-KGBC800 appeared around 3425 cm™!,
2918 cm !, 2850 cm !, 1618 cm ™!, and 1094 cm~!. However, it is worth noting that a
new characteristic stretching peak appears near 1386 cm ™! for N-KGBC800. The stretching
peak near 3425 cm~! can be attributed to the O-H stretching of phenols, alcohols, and
water molecules [31]. Furthermore, the peak intensities of GBC800 and N-KGBC800 are
significantly greater than that of KGBC800, which may be related to the N-H bond therein.
The stretching peak near 2918 cm ! is produced by the asymmetric stretching vibration of
alkyl-CH; or the contraction vibration of C-H [32]. The stretching peak near 2850 cm~lis
in line with the symmetrical stretching vibration of alkyl-CH, [33]. The stretching peak
near 1618 cm ™! is the C=C or C=O transformed from the aromatic ring in the biomass
lignocellulose [34]. N-KGBC800 and GBC800 have a weak absorption peak at 1386 cm ™!,
mainly due to the C-N single bond formed by the affinity addition reaction between the
external nitrogen source or the internal nitrogen source of the biomass and the hydroxyl
and epoxy compounds [35]. A wide absorption peak appears near 1094 cm~!, which is the
characteristic peak of the aliphatic C-N stretching vibration [16]. The absorption peak of
GBC800 at 799 cm ™! is caused by the out-of-plane deformation vibration of the aromatic
C-H, and the absorption peak near 462 cm ! is the stretching vibration of the Si-O-Si bond
of the inorganic salt component [36].

The absorption peaks of the three kinds of biochar at 3425 cm~! were obviously
broad and strong; this is the telescopic oscillation of free or bonded -OH on carboxyl,
hydroxyl, and carbonyl groups, and the presence of -OH is favorable for the occurrence
of ion-exchange adsorption [37]. Zhao Xingchain et al. [38] showed that the intensity of
the -OH absorption peak decreases and stabilizes with an increasing pyrolysis temper-
ature, which indicates that the combined water is detached and the hydrogen-bonded
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hydroxyl group is broken. The magnitude of intensity at 1618 cm~! was in the order

of N-KGBC800 > KGBC800 > GBC800, suggesting that the aromatization of biochar was
enhanced due to the increase in thermolysis and the introduction of KHCO;. In con-
trast, the introduction of doped nitrogen intensified the aromatization. A smaller peak
at 1386 cm~! for N-KGBC800 indicates that there are still many reactive -NH, func-
tional groups on its surface [35]. The absorption intensity at 1090 cm~! (C-N) was
GBC800 > N-KGBC800 > KGBC800, indicating that the number of nitrogen-containing
functional groups in the biochar decreases due to the activation effect of KHCO3 and
then increases with the doping of urea, directly proving that nitrogen element has been
successfully doped into the modified biochar, which is a direct proof of the successful
doping of nitrogen into the modified biochar [21].
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Figure 5. FT-IR plots of different biochar materials.

As can be seen from the proportion of elements on the surface of biochar in Table 2, the
elements that make up the surface of biochar are mainly C and O. All the absorption peaks
of the three biochars are at the same position. However, the intensities are inconsistent,
indicating that the functional groups between GBC800, KGBC800, and N-KGBC800 are
similar. According to the results in Figure 6, the obvious Ols peak (523.08 eV), the C1s peak
(284.80 eV), and the weaker N1s peak (400.08 eV) can be observed. After the activation
and nitrogen doping of the biochar, the Ols peak is significantly lower than that of the
unmodified biochar, while the intensity of the Cls peak increases, indicating that after
activation by KHCO3, the oxygen-containing functional groups decrease and the degree of
carbonization is higher. From the perspective of the elemental composition on the surface
of the biochar, the N content of the unmodified biochar is relatively high. However, N
decreases sharply after activation, while N doping by urea compensates for the loss of
nitrogen-containing functional groups caused by high temperature to a certain extent [21].

Table 2. The elemental composition of different biochar surfaces.

Percentage of Surface Elements/%

Biochar
O1s Cis N1s Other Elements
GBC800 25.22 63.41 1.15 10.22
KGBC800 13.82 84.32 0.45 1.41
N-KGBC800 13.37 83.95 1.04 1.64
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Figure 6. The XPS spectra of different biochar materials.

3.2. Effect of pH on the Performance of Biochar for TC Adsorption

The general solution pH of tetracycline is about 3.5, and the adsorption effect of TC
with an initial pH in the range of 3~11 was investigated in this experiment. The biochar
dosage was 0.15 g/L, the concentration of TC was 100 mg/L, the reaction temperature was
25 °C, and the reaction time was 12 h. The results of the adsorption process are presented

in Figure 7.
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Figure 7. The effect of the pH on the impact of TC adsorption by biochar.

TC is a hydrophilic amphoteric substance, the pxai, Pka2, and pka3 of which are
3.3,7.7,and 9.7, respectively. Under different pH conditions, the existing forms of TC are
different. When the pH < 3.4, it is mainly TC*; when 3.4 < pH < 7.6, it is mainly TCO; when
7.6 <pH <9.7,itis mainly TC™; and when the pH > 9.7, it is mainly TC~ and TC2~. Biochar
has a zero-charge point (pHyp,c). When the pH of the solution < pHyy,,, the biochar surface
is mainly positively charged, and vice versa, it is negatively charged [39].

With an increase in the solution pH, the adsorption of the TC on three biochars
showed approximately the same trend, with the maximum adsorption around pH =3
and then a gradually decreasing trend, consistent with the study by Xiang et al. [40].
The maximum equilibrium adsorption capacities of TC by GBC800, KGBC800, and N-
KGBC800 are 16.73 mg/g, 259.33 mg/g, and 609.06 mg/g, respectively. At this time,
the protonation degree of the surface functional groups of biochar is relatively high, and
TC also exists in the form of TC* or TC? [41]. The adsorption capacity should be weak,
but the experimental results show the maximum adsorption capacity. This indicates that
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electrostatic interaction is not the main factor affecting the adsorption process at this time.
When the pH is 4-5 and 7-9, all three kinds of biochar show a certain degree of decline.
This is because as the pH increases, the surface of the biochar has negative charges, and TC
also exists in the form of TC? (3.4 < pH<7.6), TC™ (7.6 <pH <9.7), and TC?- (pPH>9.7)in
the solution. The electrostatic repulsion between biochar and TC increases, resulting in a
significant decrease in adsorption capacity. When the pH > 9, the strong repulsion between
negatively charged biochar and TC~, TC?>~ makes the adsorption more difficult, resulting
in a lower adsorption efficiency of TC. When there is a chemical adsorption process in the
adsorption system, when the alkalinity is too strong, the active sites on the surface of the
biochar will be passivated, thereby causing a sharp decline in the adsorption capacity of
the biochar [42].

3.3. Influence of Biochar Dosage on TC Adsorption Performance

The dosage of the three kinds of biochar (GBC800, KGBC800, and N-KGBC800) was
0.05, 0.10, 0.15, 0.20, 0.25, 0.30, 0.35, and 0.40 g/L, respectively; the concentration of TC was
100 mg/L; pH ~ 3.5; the reaction temperature was 25 °C; the reaction time was 60 min; and
the oscillation frequency was 150 r/min. The experimental results are shown in Figure 8.
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Figure 8. The influence of the biochar dosage on TC-adsorption effects.

An increase in the biochar dosage from 0.05 g/L to 0.4 g/L reduced the adsorp-
tion of TC by GBC800, KGBC800, and N-KGBC800, with a corresponding decrease from
21.4t0 14.98 mg/g. The adsorption of TC by GBC800, KGBC800, and N-KGBC800 de-
creased from 21.4 mg/g to 14.98 mg/g, 302.5 mg/g to 151.0 mg/L, and 652.8 mg/L to
286.8 mg/L, respectively; meanwhile, the removal rate increased from 2% to 10%, 24.7%
to 99.05%, and 28.3% to 99.76%, respectively. The dosage of biochar showed a positive
correlation with the TC removal rate within a certain range, while it showed a negative
correlation with the adsorption amount. Deng Yu et al. [43] also indicated that the TC
removal rate gradually increased with biochar addition. In contrast, the adsorption amount
showed the opposite trend when preparing corn cob biochar for tetracycline adsorption.
The primary rationale for this phenomenon is that an elevated dose of biochar can augment
the number of functional groups and the number of efficacious active sites engaged in
adsorption, which greatly enhances the possibility of contact between the biochar and TC
in solution, resulting in almost close to 100% removal of TC in the solution [44]. In order to
ensure the removal effect of TC, the best dosage of KGBC800 is about 0.25~0.3 g/L, and the
best dosage of N-KGBC800 is about 0.15~0.2 g/L.

3.4. Adsorption Kinetic Modeling Analysis

Under the conditions of a TC concentration of 10, 50, and 100 mg/L; dosage of
adsorbent of 0.15 mg/L; temperature of reaction of 25 °C; and adsorption duration of
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720 min, the effects of TC adsorption by modified biochar were studied and kinetically
analyzed based on the experimental data of this phase. Three types of kinetics, quasi-
primary, quasi-secondary, and Elovich, and the model of intra-particle diffusion (the
following equation), have been used to fit the relevant experimental data [45-47]. The
kinetic fitting results are shown in Figure 9, with data points and coefficients in Table 3.
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Figure 9. The adsorption kinetics model of TC adsorption by biochar: (a) GBC800, (b) KGBC800, and

(c) N-KGBC800.

Table 3. The estimation of kinetic model parameters for TC adsorption on biochar.

Initial TC Concentration

Biochar Kinetic Model Parameters

10 mg/L 50 mg/L 100 mg/L

K1 /min ! 0.0186 0.0124 0.0383

Quasi-primary Get,exp /(mg: gfl) 11.3514 14.0823 16.9700

kinetic model Je1/(mg- g*l) 10.4794 13.7089 17.9445

R? 0.9156 0.9643 0.8851

GBC800 Ky /min? 0.0023 0.0009 0.0026

Quasi-secondary Ge2,exp /(mg- gfl) 11.3514 14.0823 16.9700

kinetic model en/(mg-g™ 1) 11.5208 15.6983 18.4010

q g8

R? 0.9624 0.9836 0.9399

Elovich kinetic B(mg/g) 0.4773 0.2928 0.3214

model R? 0.9276 0.9568 0.9345

Kq/min? 0.1830 0.0503 0.0799
Quasi-primary Ge1exp/ (Mg g1 76.5766 264.4726 294.8649
kinetic model Je1/ (mg-gfl) 75.4745 242.3914 270.7169

R? 0.9909 0.9002 0.8927

KGBC800 Ky /min~? 0.0046 0.0002 0.0004
Quasi-secondary Ge2,exp /(mg-g~ 1 ) 76.5766 264.2799 294.8469
kinetic model Jen/ (mg- g*l) 77.4602 258.8755 286.5655

R? 0.9974 0.9700 0.9674

Elovich kinetic Bmg/g) 0.2281 00279 0.02954

model R? 0.9529 0.9636 0.9508

K /min~! 0.6549 0.16286 0.063

Quasi-primary Get,exp/ (mg-g ™) 67.2072 336.0661 604.7147
kinetic model ge1/ (mg-g*l) 66.7497 326.7898 566.6394

R? 0.9987 0.9665 0.9166

N-KGBC800 Ky /min™? 0.0624 0.0008 0.0001
Quasi-secondary Ge2,exp /(mg- gfl) 67.2072 336.0661 604.7147
kinetic model Jen/ (mg~g*1) 67.0695 337.5815 598.7235

R? 0.9997 0.9969 0.9772

Elovich kinetic B(mg/g) 15842 0.0427 0.0135

model R? 0.9796 0.9693 0.9804
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Quasi-primary kinetic model:

=, = Ki(ge —qt) @)
t
Quasi-secondary kinetic model:
kthg
— e 3
at 1+ katqe ®)
Elovich kinetic model:
gt =a+bint 4)
Intra-particle diffusion model:
g = Kipt®*® + C (5)

ge—The adsorbed amount of the adsorbent at equilibrium, mg/g.
g+—The adsorbed amount of the adsorbent at time t, mg/g.
K;—The quasi-primary kinetic adsorption rate constant, min 1.
t—The adsorption time, min; K3, the quasi-secondary kinetic modeling rate constant,
g/(mg-min).

«—The initial adsorption rate, mg/(g-min).

b—The desorption constant.

Kjy—The intra-particle diffusion rate constant, and C is a constant.

As shown in Figure 9, given the fitting situation and the relevant fitting parameters
in Table 3, the correlation coefficients R? of the quasi-secondary kinetic models for the
three biosorption TCs at different initial concentrations were closer to 1. Furthermore,
the average difference values between the theoretical saturated adsorption capacity ge;
obtained by the quasi-first-order kinetics simulation and the experimentally obtained satu-
rated adsorption capacity ge1 exp for GBC800, KGBC800, and N-KGBC800 are —0.97 mg/g,
15.77 mg/g, and 47.80 mg/g, respectively. The average difference values between the
theoretical saturated adsorption capacity g., obtained by the quasi-second-order kinet-
ics simulation and the experimentally obtained saturated adsorption capacity geo ey are
—0.43 mg/g, 3.30 mg/g, and 1.537 mg/g, respectively. This indicates that the fitting effect
of the quasi-second-order kinetics is better than that of the quasi-first-order kinetics and
the Elovich model. When the initial concentration of TC is 100 mg/L, the experimental
saturated adsorption capacity of N-KGBC800 on TC is 604.71 mg/g, which shows the excel-
lent adsorption capacity of the former compared with the saturated adsorption capacity of
GBC800 16.97 mg/g. Although the overall nitrogen content on the surface of N-KGBC800
is slightly lower than that of GBC800, nitrogenous compound are slightly introduced to
the surface of the biochar during the reaction process, and the newly introduced nitrogen-
containing functional groups can increase the adsorption capacity, which is consistent with
the study by Guo et al. [48]. This phenomenon may be attributed to the promotion of a
reaction between nitrogen and oxygen groups on the surface of the biochar, which in turn
facilitates the mutual transformation of nitrogen-containing functional groups [49]. The
incorporation of nitrogen-containing functional groups diminishes the electronegativity
of the C-layer, thereby enhancing its capacity to accept 7r-electrons and facilitating the
formation of -7 bonds and Lewis acid-base interactions with organic molecules during
adsorption. This ultimately results in an improvement in the adsorption capacity [50].
During the adsorption process, the uptake of TC by GBC800, KGBC800, and N-KGBC800
was the consequence of a synergistic interaction between physical and chemical adsorption.
The chemical adsorption process was identified as the primary rate control step in this
process. The adsorption process may be characterized by the sharing of electrons, the
formation of valence bonds through electron exchange, and 77—t interactions.
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In order to gain further insight into the stages of the adsorption process, it is necessary
to employ the intra-particle diffusion model for further analysis, and the model parameters
are shown in Table 4. As illustrated in Figure 10, the adsorption process of TC by GBC800,
KGBC800, and N-KGBC800 can be delineated into three linear phases. The initial stage
is the outward transfer of TC molecules from the solution to the surface of the biochar.
The second phase is the diffusion of these molecules from the surface into the internal
pores. The subsequent phase is the equilibrium stage, during which chemical interactions
occur between the TC molecules and the adsorption sites on the biochar. The model-
fitting results indicate that the fitted curve of the intra-particle diffusion model consists
of three linear cross-sections, which suggests that the adsorption rate is influenced by
intra-particle diffusion. However, this does not represent the sole rate-controlling step,
as other mechanisms, including liquid film diffusion, electrostatic interactions, hydrogen
bonding, and interactions, are also involved in controlling the adsorption rate [49,51].
Given the constants C in Table 5, it can be observed that C;3 > C;» > C; 1 exists in all
three steps, suggesting that liquid film diffusion may also be an influencing factor limiting
the adsorption rate [52]. Prior to reaching adsorption equilibrium, TC molecules are
transported from the solution to the surface of the biochar. This occurs initially via external
mass transfer and liquid film diffusion, and subsequently, the molecules enter the inner
pore structure and undergo adsorption on the internal surface of the biochar, a process that
is controlled by intraparticle diffusion [39,53,54].

350

(@

300

[

34

S
T

100

700

Adsorption capacity (mg/g)

® [0mg-TC ® 50mg-TC A 100mg-TC

--------- GBC800 Internal diffusion model
1 1 L 1

! A pa—

@

S

5]
T

400

Adsorption quality (mg/g)
o ow
2 8
T T

15
3
T

=
T

B 10mgTC © S0mgTC A 100mg-TC

+weee- N-KGBC800 internal diffusion model

5 10 15 20 25 30

0 5 10 15 20 25 30

Figure 10. The intraparticle diffusion model of TC adsorption by biochar: (a) GBC800, (b) KGBC800,

and (c) N-KGBC800.

Table 4. The parameter estimation of the internal diffusion model for TC adsorption by biochar.

Initial TC Concentration

Biochar Parameters
10 mg/L 50 mg/L 100 mg/L
Kgpc,1 [mg/(g-min)] 1.1472 1.1146 2.2700
Ccpc,1 (mg/g) —0.2934 —0.1857 0.2270
Ry2 0.8761 0.9948 0.9946
GBC800 Kgpc2 [mg/(g-min)] 0.4552 0.5209 0.5179
Cgpc2 (mg/g) 2.8389 3.8104 11.0938
R,2 0.9588 0.9835 0.9625
Kgpe 3 [mg/(g-min)] 0.1546 0.1309 0.0856
Ccrc3 (mg/g) 7.7316 11.1160 17.8559
R32 0.8967 0.8797 0.8352
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Table 4. Cont.

Initial TC Concentration

Biochar Parameters
10 mg/L 50 mg/L 100 mg/L
Kkcae [mg/(g-min)] 19.4498 33.3154 42,9313
Cxceca (mg/g) 12772 8.9329 14.5346
Ry2 0.9702 0.9425 0.9098
Kkgae2 [mg/(g-min)] 45743 9.8530 9.8794
KGBC800 Ckepc2 (mg/g) 46.8038 109.2741 146.3773
Ry? 0.8133 0.9556 0.9805
Kxcpe 3 [mg/(g-min)] 0.0784 2.1578 1.5079
CkgBcs (mg/g) 74.5739 210.8439 256.5668
R32 0.8758 0.8816 0.9202
KnxaBe, [mg/(g-min)] 22.1605 80.5541 99.6993
Cn-kGBe1 (mg/g) 3.3464 6.9789 8.5941
Ry2 0.8522 0.9488 0.9493
Knokcae 2 [mg/(g-min)] 0.2413 8.0325 31.8177
N-KGBC800 Crnekase (mg/g) 64.6160 249.5722 217.5784
Ry? 0.9359 0.8337 0.9533
KN—KGBC,S [mg/(gmm)] 0.0132 0.2524 3.4903
CN—KGBC,3 (mg/g) 66.8827 329.9344 517.9382
R52 0.8348 0.8519 0.8541

Table 5. The estimation of isothermal parameters for TC adsorption by biochar.

Reaction Temperature (T)

Biochar Model Parameters
288 K 298 K 308 K
qm (mg/g) 16.1679 20.8750 24.1704
Lanemuir Ky (L/mg) 1.0074 0.6959 0.3604
& Ry 0.0098 0.0141 0.0269
R? 0.9384 0.9220 0.9425
GBC800 Kr [mg-g’l -(L-mg)*l/”] 9.4458 10.2429 10.1680
Freundlich 1/n 0.1476 0.1733 0.2011
R? 0.9235 0.9197 0.8894
br (kJ/mol) 1.2296 0.9503 0.7765
Temkin Kr (L/mg) 90.1630 38.0677 15.2946
R? 0.9250 0.9768 0.9371
qm (mg/g) 268.4533 285.3526 306.5144
Lanemuir Kp (L/mg) 1.2706 1.4866 1.3825
& Ry 0.0078 0.0066 0.0071
R? 0.9886 0.9727 0.9823
KGBC800 Kr [mg-g*l-(L-mg)*l/"] 149.3361 158.7649 167.5674
Freundlich 1/n 0.1638 0.1691 0.1739
R? 0.8550 0.8649 0.8711
br (kJ/mol) 0.0717 0.0680 0.0648
Temkin Kr (L/mg) 69.5907 65.3959 60.3399
R? 0.9377 0.9456 0.9523
qm (mg/g) 630.5727 660.6366 688.3172
Lanemuir Kp, (L/mg) 1.0369 0.6756 0.6062
& Ry 0.0095 0.0145 0.0162
R? 0.9973 0.9917 0.9868
N-KGBC800 Kr [mg-g~! ~(L-mg)*1/ n] 301.1075 300.6277 302.3327
Freundlich 1/n 0.1987 0.2198 0.2306
R? 0.8163 0.8801 0.8787
br (kJ/mol) 0.0262 0.0261 0.0253
Temkin Kt (L/mg) 25.6450 22.1160 18.4779
R? 0.9219 0.9549 0.9534
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3.5. Adsorption Isotherm Modeling Analysis

The experimental data of TC adsorption in the solution for GBC800, KGBC800, and
N-KGBC800 were isothermally fitted using the Langmuir model, Freundlich model, and
Temkin model (as follows) in turn at temperatures of 288 K, 298 K, and 308 K, with a biochar
dosage of 0. 15 mg/L and an adsorption time of 720 min. The isothermal adsorption fitting
curves are shown in Figure 11, and the fitting parameters are shown in Table 5.

The Langmuir isothermal adsorption model:

Ce C. 1
==ty 6
e qm amKr, ©)

Freundlich isothermal adsorption model:

1
ge = kp x C? %)
The Temkin isothermal adsorption model:

RT RT

ge—The adsorption capacity of the adsorbent at the adsorption equilibrium, mg/g.
gm—The theoretical saturated adsorption capacity of the adsorbent for pollutants, mg/g.
Ce.—The pollutant concentration in the solution at the adsorption equilibrium, mg/L.
K;—The Langmuir adsorption constant, L/mg, indicating the adsorption strength of the
adsorbent for the adsorbate.

Ky—The Freundlich adsorption constant, (mg/g)-(L/ mg)!/", indicating the adsorption
capacity of the adsorbent, which is related to the properties and dosage of the adsorbent
and the reaction temperature.

n—The nonlinear adsorption index, reflecting the heterogeneity of the adsorption sites on
the surface of the adsorbent.

br and Kr are the constants of the Temkin model; R is the universal gas constant, ] /(mol-K);
and T is the Kelvin temperature, K.
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Figure 11. The isothermal modeling of TC adsorption by biochar: (a) GBC800, (b) KGBC800, and
(c) N-KGBC800.

The fitting results indicate that the process of TC adsorption by GBC800, KGBC800, and
N-KGBCB800 at different temperatures is best described by the Langmuir model, followed
by the Temkin and Freundlich models. This suggests that the adsorption process is biased
toward monolayer adsorption, whereby a homogeneous monolayer of TC molecules is
formed on the surface of the biochar, with chemical adsorption dominating the process [55].
The adsorption reaction is a process whereby the adsorbate continuously migrates from the
main body of the aqueous phase to the solid adsorbent phase. In contrast, the concentration
gradient between the two phases provides the main driving force for this migration. The
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adsorbent surface is energetically homogeneous; the adsorption sites are equipotent, there
is no interaction between TC molecules, and the final equilibrium state of the adsorption
is dynamic [56]. The fitting results of the Langmuir isothermal model indicate that the
theoretical maximum adsorption capacities of GBC800, KGBC800, and N-KGBC800 at
25 °C are 16.16 mg/g, 268.45 mg/g, and 630.57 mg/g, respectively. The experimentally
determined values are 16.82 mg/g, 265.48 mg/g, and 617.91 mg/g, respectively, which are
basically consistent. This further confirms the applicability of the Langmuir model.

The correlation coefficient (R?) of the Temkin isothermal model was found to be greater
than 0.9 for all cases, indicating that the adsorption process of TC by GBC800, KGBC800,
and N-KGBC800 was predominantly chemisorption-driven and that strong intermolecular
forces played a pivotal role in the TC adsorption process [54]. br is an index of the reactive
chemical interactions; the KGBC800 and N-KGBC800 by values are much lower than those
of GBC800, indicating that the former two play a weaker role than the latter in the whole
adsorption process by chemisorption [57]. This phenomenon may be attributed to the
surface structure of GBC800 biochar. The lower specific surface area and less developed
porosity of GBC800 result in a diminished role for physical adsorption in the TC-adsorption
process. Consequently, the functional groups of the carbon surface become the primary
means of contact between GBC800 and TC throughout the adsorption process.

3.6. Thermodynamic Analysis of Adsorption

A comprehensive analysis of the adsorption behavior of modified biochar on TC
requires the thermodynamic characterization of the aforementioned process by the three
biochars at three distinct temperatures: 298 K (25 °C), 308 K (35 °C), and 318 K (45 °C). The
equations used are shown in (9)—(11), the fitting results are indicated by Figure 12, and the
thermodynamic parameters are listed in Table 6.

AG? = —RT x Ink 9)
AS?  AH?

Ink — TS - (10)

AG? = AH? — TAS? (11)

AGP—The Gibbs free energy, kJ/mol.

AH?—The enthalpy, kJ/mol.

AS?—The entropy, kJ/(mol-K).

T—The absolute temperature, K.

K—The Langmuir adsorption equilibrium constant, L/mg.

R—The universal gas constant, J/(mol-K), R = 8.314 x 1073, KJ/ (mol-K).
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Figure 12. The thermodynamic modeling of TC adsorption on biochar.
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Table 6. The estimation of thermodynamic parameters for TC adsorption on biochar.

Temperature (K)

Biochar Parameters
298 308 318
AGy (kJ/mol) 6.8480 6.0157 5.2736

AHp (KJ/mol) 30.2920
GBC800 ASo (J /mol-K) 0.0787
R2 0.9989

AG (K] /mol) —3.3619 —3.8494 —4.0779
AHj (KJ /mol) 27.2631
KGBC800 ASp (J/mol-K) 0.0358
R? 0.9782

AG (K] /mol) —9.0964 —10.4260 —11.6034
AHp (KJ /mol) 28.232
N-KGBC800 ASg (J/mol-K) 0.1253
R? 0.9998

The enthalpy changes (AH) of TC adsorption of GBC800, KGBC800, and N-KGBC800
were 30.2920 k] /mol, 27.2631 k] /mol, and 28.232 k] /mol, respectively, and their enthalpy
changes were positive, indicating that the adsorption process is a thermally active reaction
and that it is more favorable for adsorption at higher temperatures. This is in agreement
with the results of the adsorption isotherm fitting. In addition, according to the results of
Garba et al. [58], the enthalpy change AH being lower than 20 kJ/mol adsorption is mainly
a physical reaction. Vice versa, it is dominated by chemical action, and the adsorption
behaviors of GBC800, KGBC800, and N-KGBC800 are all greater than 20 k] /mol, indicating
that the adsorption behaviors of all three to TC in water are heat-absorbing reactions
and dominated by chemical adsorption. Significant adsorption between adsorbent and
adsorbate can occur when the free energy of the adsorption AG value is negative [59]. The
adsorption of TC on the surface of the adsorbent was observed to be spontaneous in all
cases, and the absolute value of AH was found to increase with the rise in temperature. This
indicates that the spontaneous tendency of the process of adsorption of TC by N-KGBC800
and KGBC800 increases with the rise in ambient temperature and that the temperature rise
is beneficial for the adsorption process. The entropy changes (AS) of GBC800, KGBC800,
and N-KGBCB800 in the adsorption of TC were 0.0296 J/(mol-K), 0.0357 J/(mol-K), and
0.1008 J/ (mol-K), respectively. These values indicate that the adsorption process was less
reversible. The adsorption process can be described as a dynamic equilibrium between
adsorption and desorption, with a positive adsorption value that is significantly higher
than the desorption value [60]. Furthermore, as the adsorption process progresses, the
solid-liquid interface disorder gradually increases, stabilizing the adsorption process.

3.7. Adsorption Mechanism Analysis

In order to better explore the adsorption mechanism of modified biochar on TC,
the biochar after adsorption and adsorption saturation was placed in 0.05 mol/L NaOH
solution for analysis for 3 h and rinsed with deionized water repeatedly until pH ~ 7.
After being desorbed, separated, and dried, the biochar was obtained. The BET and FT-IR
characterization of the biochar were performed to compare the changes of pore structure
and surface functional groups before and after the adsorption of TC by biochar.

As illustrated in Figure 13, the BET characterization of biochar following the adsorp-
tion of tetracycline yielded the following results. The number of micropores in the adsorbed
biochar was significantly reduced, and there was no significant change in mesopores. When
comparing Tables 1 and 7, the specific surface areas of GBC800, KGBC800, and N-KGBC800
after adsorption are 9.634 m?/g, 1035.101 m? /g, and 784.946 m? /g, respectively, and the
total pore volumes are 0.03658 cm3/g, 0.8192 cm®/g, and 0.6179 cm3 /g, respectively. Com-
pared with before adsorption, the specific surface area of GBC800 decreased by 18.19%,
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and the total pore volume decreased by 12.67%; the specific surface area of KGBC800
decreased by 29.96%, and the total pore volume decreased by 14.58%; the specific surface
area of N-KGBC800 decreased by 62.45%, and the total pore volume decreased by 51.42%.
Kowalczyk et al. [61] proposed that carbon materials with pore diameters of approximately
1.4-1.6 nanometers may cause the molecular-sieving effect of TC. Therefore, the reduction
in the surface area and pore volume of KGBC800 and N-KGBC800 mainly occurs when
the pore diameter is smaller than the dynamic diameter of TC, which may be due to the
blocking of pores by TC molecules. Generally speaking, pores larger than 1-2 times the
diameter of the adsorbate molecule show good adsorption performance [25]. The dynamic
diameter of TC molecules is approximately 1.27 nm, and the average pore diameters of
GBC800 are 16.56 nm. Moreover, the BET and SEM of GBC800 characterization results
show that its pores are poorly developed. Therefore, the adsorption capacity of GBC800 for
TC is weak. The average pore diameters of KGBC800 and N-KGBC800 are 2.5956 nm and
2.4325 nm, respectively. Tetracycline molecules can easily enter the pore structures of the
two biochars, and their microporous structures can be fully utilized as adsorption sites for
tetracycline. Thus, one of the main mechanisms for the removal of tetracycline from water
by modified biochar is pore-filling.
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Figure 13. The distribution of front and rear absorption holes: (a) GBC800, (b) KGBC800, and
(c) N-KGBC800.

Table 7. BET parameters after TC adsorption on biochar.

Parameters Unit GBC800 KGBC800 N-KGBC800
SBET m?/g 9.6 1035 785
Viytal cm3/g 0.04 0.82 0.62
Ve cm3/g 0.00 0.17 0.19
Lo! nm 13.50 3.16 3.15

Note: ! The average pore size.

Comparing the FI-IR patterns of GBC800, KGBC800, and N-KGBC800 before and after
adsorption (Figure 14), the data demonstrate that the absorption peaks of all three types
of biochars at approximately 3425 cm ™! are all shifted to the right and exhibit a reduction
in peak intensity. This suggests that the oxygen-containing functional groups present
in the biochar were involved in the adsorption reaction, potentially interacting with the
hydroxyl, amino, carboxyl, and other functional groups on the TC molecule to form
hydrogen bonds or n—7 interactions. It is similarly conceivable that the nitrogen-containing
functional groups on the surface of the biochar may have undergone a chemical bonding
process with the TC, which could have resulted in a change in the position of its telescopic
vibration [62-64]. The C=C and C=0 (near 1618 cm~!) absorption peaks of N-KGBC800
are significantly shifted, indicating that there may be a 77-7 stacking interaction between
the aryl ring structure on N-KGBC800 and the TC [65]. At C-N (1094 cm™1), the peak
intensities before and after the adsorption of GBC800 and N-KGBC800 changed significantly,
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while KGBC800 remained almost unchanged, which may be attributed to the Lewis acid-
base interactions between nitrogen-containing functional groups on the surface of the
biochar and the TC molecules. Furthermore, the amino group, which is formed by the
deprotonation of tetracycline, can undergo a reaction with the benzene ring present in
biochar, resulting in the formation of a cationic—7 interaction [66]. When the solution pH is
higher than the zero-point charge of biochar, the oxygen-containing functional groups on
the surface of biochar undergo deprotonation, thereby acquiring a negative charge. This
promotes the electrostatic interaction between biochar and tetracycline [67,68].
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Figure 14. A comparison of FT-IR changes before and after TC adsorption on biochar.

Based on the above-mentioned discussion, the adsorption mechanisms of GBC800,
KGBC800, and N-KGBC800 for TC in the adsorption are shown in Figure 15. The adsorption
processes of the three biochars for TC are basically the same, and they are all the results of
the combined effect of physical and chemical actions. The difference lies in the different
intensities of different actions. Specifically, TC in the solution rapidly diffuses to the surface
of the biochar, resulting in liquid film diffusion, and continuously fills the macropores,
mesopores, and micropores of the biochar. The TC molecules entering the pores form
electrostatic interactions with the charged groups on the surface of the biochar, interact
with oxygen-containing functional groups such as -OH to form hydrogen bonds or n—7m
interactions, have Lewis acid-base interactions with nitrogen-containing functional groups,
and form 7—7r stacking or cation—7t interactions between the aromatic ring structure of the
carbon itself and TC.

Pore filling

n-m, -

Cation-1r interaction Hydrogen bonding

Electron acceV

Electron donor

Electrostatic action

Figure 15. An adsorption mechanism diagram of TC adsorption on modified biochar.
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3.8. Experimental Adsorption of Tetracycline on Biochar Fixed-Bed and Adsorption Model Analysis

After modification, the adsorption and removal effects of rapeseed straw biochar
(KGBC800 and N-KGBC800) on TC in water were greatly improved compared to those
of unmodified GBC800 of rapeseed straw, and they can effectively remove TC in water.
Adsorption can be divided into batch and fixed-bed adsorption according to different
operation modes. In practical applications, batch adsorption has many limitations, such
as influent water, reaction site, operation management, etc. In the fixed-bed adsorption
process, the length of the effective mass-transfer zone moves along the liquid flow to the
entire bed depth until the fixed bed is fully utilized [69]. Compared with batch adsorption,
the fixed-bed reactor is more economical, operable, and has a continuous processing
capacity, thus becoming the mainstream wastewater treatment method. This chapter
investigates the dynamic adsorption behaviors of three TC on biochars in pure water and
salt water and uses the Thomas model and Yoon—-Nelson mass-transfer model to conduct
further analysis of dynamic adsorption.

3.8.1. Biochar Fixed-Bed Adsorption of Tetracycline Experiment

The penetration point in the dynamic adsorption process is defined as C;/Cy = 0.05, in-
dicating that the TC effective concentration is approximately 5% of the initial concentration.
The adsorption saturation point is C/Cy = 0.95, representing an effective TC concentration
of approximately 95% of the initial concentration. As shown in Figure 16, the penetration
points of GBC800, KGBC800, and N-KGBC800 in the dynamic adsorption process under
pure water conditions were 10 min (when the adsorption penetration point < 10 min, it was
set as 10 min), 70 min, and 270 min, respectively, and the adsorption penetration points
under brine conditions were 10 min, 40 min, and 240 min, respectively. As the adsorption
sites of biochar in the adsorption column were gradually consumed, the concentration of
TC in the effluent gradually increased and finally reached saturation. The saturation points
of the dynamic adsorption process of GBC800, KGBC800, and N-KGBC800 were 60 min,
210 min, and 460 min in pure water, and the adsorption penetration points were 40 min,
190 min, and 270 min in brine, respectively. The adsorption penetration points under saline
conditions were 40 min, 190 min, and 390 min, respectively.
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Figure 16. The adsorption effect of biochar fixed bed on TC under different conditions.

The adsorption properties of GBC800, KGBC800, and N-KGBC800 showed obvious
differences in the process of dynamic adsorption of TC. The saturated adsorption capacities
of GBC800, KGBC800, and N-KGBC800 were calculated by integral method and were
15.11 mg/g, 238.37 mg/g, and 601.03 mg/g, respectively, under pure water conditions.
Under saline conditions, the results were 11.63 mg/g, 211.93 mg/g and 573.42 mg/g,
respectively. A range of inorganic ions present in brine exert a discernible inhibitory effect
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on the adsorption performance of the fixed bed of biochar. Moreover, a considerable
quantity of Na™ in the solution has been found to exert a certain inhibitory effect on the
adsorption of tetracycline. Furthermore, the adsorption of tetracycline can be significantly
disrupted by the presence of Mg?" and Ca?*. The presence of an electrostatic effect between
Ca?* and the adsorbent of biochar, on the one hand, and the presence of Ca?* with the
adsorbent of biochar, on the other hand, results in competition between Ca?* and TC
for hydroxyl groups on the surface of biochar. This leads to a reduction in the number
of adsorption sites on the surface of the adsorbent [70]. Zhao et al. [71] demonstrated
that divalent cations exhibit higher ionic strengths, resulting in a greater salting-out effect
in solution than the crowding-out effect. Additionally, the higher covalency of divalent
cations reduces the number of adsorption sites available on the surface of the adsorbent,
consequently leading to a decline in the adsorption capacity for TC. In contrast, the anions
chloride (C17) and sulfate (SO4%~) have been observed to exert a negligible effect on the

TC-adsorption capacity of biochar [56].

3.8.2. Biochar Fixed-Bed Adsorption Modeling

The Thomas model is a descriptive and evaluative tool that can be used to analyze the
penetration curve of pollutants in a fixed bed, as well as to assess the adsorption capacity
of the adsorbent in relation to the pollutants. It can also be employed to estimate the
equilibrium adsorption amount of the adsorbent and the adsorption rate constants [72-74].
The Yoon—Nelson adsorption model predicts the trend of the whole adsorption curve and
fits the typical penetration curves with an S-shape very well, mainly predicting 50% of the
penetration time. The pertinent curves are illustrated in Figure 17, and the pertinent data

are enumerated in Table 8.
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Figure 17. The fitting results of the Thomas model and Yoon-Nelson model. (a) GBC800, (b) KGBC800
and (¢) N-KGBC800.
Table 8. The fitting parameters estimation of the Thomas model and the Yoon—-Nelson model for the
adsorption of TC by a biochar fixed bed.
Thomas Model Parameters Yoon-Nelson Model Parameters
Biochar Conditional Kr
(mL/(mg-min)) q. (mg/g) Gexp (mg/g) R? Ky (L/min) T (min) R?
GBC800 Purified water 0.3664 16.7136 15.1134 0.8842 0.0482 8.3346 0.8711
Salted water 0.5024 15.4731 11.6302 0.8513 0.0716 7.8948 0.8321
KGBCS00 Purified water 0.4325 262.0138 238.3792 0.9949 0.0424 158.2122 0.9872
Salted water 0.5212 230.5852 211.9348 0.9897 0.0540 128.0997 0.9818
N-KGBCS00 Purified water 0.3721 599.7145 601.0326 0.9973 0.0379 399.2547 0.9971
B Salted water 0.4690 585.2991 573.4281 0.9938 0.0479 321.3415 0.9932
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The fitting coefficients R? for TC adsorption under pure water conditions were 0.8842,
0.9949, and 0.9973 for GBC800, KGBC800, and N-KGBC800, respectively, and 0.8513, 0.9897,
and 0.9938 for the adsorption of TC under brine conditions, respectively, which shows
that the Thomas model was better able to describe, to a certain extent, the fixed-bed
adsorption process of TC by KGBC800 and N-KGBC800. At the same time, it is slightly
less effective in describing GBC800. In the Thomas model, there is an inverse relationship
between the magnitude of Kt obtained for the same adsorbent under different reaction
conditions and the equilibrium adsorption amount g.. In contrast, the K1 between different
adsorbents reflects the strength of the adsorbent to the adsorbate per unit of time [75].
Observing the Kt values obtained from the fitting, Kt (pure water) < Kr (brine) existed for
all three biochars, indicating that the equilibrium adsorption of TC by the same biochar
in brine was lower than that in pure water conditions, and the maximum adsorption g,
calculated from the fitting proved exactly the same. The maximum adsorption capacities of
GBC800 predicted by the Thomas model under pure water and saltwater conditions were
16.71 mg/g and 15.47 mg/g, respectively. The errors between them and the actual measured
values of 15.11 mg/g and 11.63 mg/g were 10.2% and 21.8%, respectively. Both errors
were greater than 10%, which might be because the adsorption capacity of GBC800 for TC
was limited and the high concentration of TC caused certain errors in the experimental
results. The maximum predicted adsorption capacities of KGBC800 in pure water and
saltwater were 262.01 mg/g and 230.58 mg/g, respectively. The errors between them and
the experimentally calculated values of 238.37 mg/g and 211.93 mg/g were 9.02% and
8.08%, respectively. The maximum predicted adsorption capacities of N-KGBC800 in pure
water and saltwater were 599.71 mg/g and 581.29 mg/g, respectively. The errors between
them and the experimentally calculated values of 601.03 mg/g and 573.42 mg/g were
0.21% and 1.3%, respectively. The errors between the predicted and calculated values of
the adsorption capacities of KGBC800 and N-KGBC800 for TC were both less than 10%,
indicating that the Thomas model can describe the dynamic adsorption process of TC by
the modified biochar in this study, and the estimated saturated adsorption capacity has a
high degree of feasibility.

GBC800, KGBC800, and N-KGBC800 have the Yoon—Nelson model coefficient R? of
absorption of TC under pure and salty water conditions, as shown in Table 8, of 0.8711,
0.9872,0.9971, and 0.8321, respectively, and 0.9818, 0.9932, and R? for KGBC 800 and KGBC
800 are greater than 0.98, respectively. The parameters in the Yoon—-Nelson model reflect
the time required to penetrate 50% of the adhesive. GBC800 is calculated at 8.33 min and
7.89 min, respectively, in pure and saltwater conditions, whereas 50% of the absorption time
is measured in 10 min. KGBC800's predicted values of 158 min and 128 min, respectively,
are almost consistent with actual 50% absorbent penetration times of 150 to 160 min and
120 to 130 min. In the Yoon-Nelson model, the N-KGBC800 is 399 min and 321 min in pure
and saltwater conditions, respectively, and is consistent with the values measured in actual
experiments of 390 to 400 min and 320 to 330 min. The above experimental results suggest
that the Yoon—Nelson adsorption model can simulate the process of this modified biocarbon
dynamic absorption TC. However, because the model simplifies the actual conditions and
ignores the structural characteristics of the adsorbent and the geometry of the fixed bed,
there is a certain reasonable error.

4. Conclusions

(1) Using rape straw as the raw material and potassium bicarbonate (KHCOj3) and
urea (CO(NH>),) as the modification reagents, they were mixed in a certain proportion
to form the raw pyrolysis materials. The unmodified biochar GBC800, KHCO3-modified
biochar KGBC800, and (KHCO3)/(CO(NH>);) co-modified biochar N-KGBC800 were,
respectively, prepared by the one-pot method at 800 °C. The surface of GBC800 is smooth
and dense, without an obvious pore structure, and the specific surface area and total
pore volume are small. After KHCOj3 activation, the surface of biochar KGBC800 showed
an obvious coral-like three-dimensional carbon skeleton, the number of micropores and
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specific surface area were significantly increased, and the adsorption performance of TC
was slightly improved. However, with the addition of KHCOj3, the N in biochar is sharply
reduced, and nitrogen-containing functional groups can be effectively introduced after urea
co-pyrolysis. N-KGBC800 prepared by KHCO3/CO(NH;), co-modification has a coral-like
three-dimensional carbon skeleton similar to KGBC800. There are more carbon clusters,
and the carbon layers have significant changes and interlayer gaps, showing a multistage
porous structure. The adsorption performance of the three biochars was the best when the
pH was 3~4, and the adsorption equilibrium was reached within 720 min.

(2) The kinetic models of tetracycline adsorption by the three biochar types show that
they conform to the quasi-second-order kinetic model, and the adsorption process results
from both physical and chemical effects. The adsorption isotherm model showed that the
adsorption of tetracycline by the three biochar types was consistent with the Langmuir
isotherm model, preferring monolayer adsorption, and the intermolecular force played
a key role in the adsorption process. The adsorption thermodynamics showed that the
adsorption of tetracycline by the three biochar was endothermic. By comparing the BET
and FT-IR characterization results of GBC800, KGBC800, and N-KGBC800 before and
after adsorption, the adsorption mechanisms include pore filling, electrostatic interaction,
hydrogen bonds, n—7 interaction, Lewis acid-base interaction with nitrogen-containing
functional groups, and 7r— 7t stacking or cation — 7t interaction between the aromatic ring
structure of the carbon itself and TC.

(3) In the biochar fixed-bed adsorption experiment, the biochar with stronger adsorp-
tion capacity in the static adsorption performed better in the fixed-bed adsorption, and the
inorganic ions in brine inhibit or interfere with the adsorption process to a certain degree,
resulting in a decrease in adsorption capacity. Overall, the Thomas model and Yoon-Nelson
model can describe the adsorption of tetracycline by KGBC800 and an N-KGBC800 biochar
fixed bed.
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Abstract: In this study, the heterotrophic nitrification—aerobic denitrification strain JQ1004 was in-
vestigated in terms of its nitrogen removal mechanism and kinetic properties, laying the foundation
for its application in the field of wastewater treatment. Nitrogen balance analysis revealed that the
final metabolic product was N, and approximately 54.61% of N was converted into cellular structure
through assimilation. According to the fitting of the Compertz model, the maximum degradation
rates of ammonia and nitrate were 7.93 mg/(L-h) and 4.08 mg/(L-h), respectively. A weakly al-
kaline environment was conducive to N removal, and the sensitivity of functional genes to acidic
environments was amoA > nirS > narG. An appropriate increase in dissolved oxygen significantly
enhanced heterotrophic nitrification activity, and notably, the denitrification-related functional gene
narG exhibited greater tolerance to dissolved oxygen compared to nirS. The transcription level of
amoA was significantly higher than that of narG or nirS, confirming that there might have been direct
ammonia oxidation metabolic pathways (NH4 " —NH,OH—N,) besides the complete nitrification
and denitrification pathway. The annotation of nitrogen assimilation-related functional genes (includ-
ing gltB, gltD, glnA, nasA, nirB, narK, nrtP, cynT, and gdhA genes) in the whole-genome sequencing
analysis further confirmed the high assimilation nitrogen activity of the HN-AD strain.

Keywords: wastewater; nitrogen balance; kinetics; amoA; whole genome

1. Introduction

With the rapid growth of the global population and the development of the social
economy, a large amount of nitrogen-containing wastewater is being released, seriously
damaging the aquatic environment ecosystem [1]. Excessive nitrogen discharge not only
leads to the eutrophication of water bodies and hypoxia in animals or plants, but also
poses a threat to human health [2]. Microbial biotechnology is one of the most common
methods for nitrogen removal in wastewater treatment. However, conventional nitrifiers or
denitrifiers require separate aerobic or anaerobic environments, respectively, for bacterial
growth and metabolism [3,4]. This has led to limitations of traditional biotechnology
for nitrogen removal, further causing low treatment efficiency and high infrastructure
investment [5].

Recent research has focused on heterotrophic nitrification and aerobic denitrifica-
tion (HNAD), which can effectively overcome the shortcomings of traditional biological
nitrogen removal technologies. The HNAD process is considered to convert NH4* into
NO3~ through heterotrophic nitrification reactions under aerobic conditions while further
denitrifying NO3; ™~ or NO, ™ into gaseous nitrogen, achieving a complete nitrogen cycle in
a single reactor [6]. At present, an increasing number of HNAD bacteria have been isolated
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and purified from different natural environments, such as Vibrio sp. [7], Zobellella sp. [8],
and Pseudomonas sp. [9]. Compared with traditional nitrifying bacteria, HNAD bacteria
have several advantages, such as a fast growth rate, high nitrogen removal efficiency, strong
environmental tolerance, and the ability to nitrify and denitrify simultaneously in the same
aerobic environments [10]. The HNAD process has broad application prospects in the field
of wastewater treatment due to the simplification of nitrogen conversion processes and the
effective improvement of nitrogen removal efficiency [3,11].

Currently, the study of HNAD bacteria mainly focuses on bacterial isolation and
identification, nitrogen removal efficiency, nitrogenous gas composition, and nitrogen
metabolic mechanisms [12,13]. There are fewer studies on the kinetics and molecular
mechanism of HNAD, so it is significant to search for a universal HNAD bacterium. The aim
of this study is to elucidate the characteristics of the growth dynamics of HNAD bacteria,
including the rules of nitrogen transformation and the differences in gene transcription
under various environmental conditions. In the present study, the biomass proliferation
pattern of HNAD strain JQ1004, isolated in previous work [14], was simulated using
the Logistic model. Nitrogen balance analysis was performed to determine the nitrogen
conversion mechanism. The effects of environmental conditions on the strain JQ1004 were
investigated based on the performance of nitrogen removal and the expression levels of
functional genes. The whole genome was further analyzed to study the characteristics of
cellular molecules and the potential degrading ability of pollutants in wastewater.

2. Materials and Methods
2.1. Media and Strains

The HNAD strain Acinetobacter sp. JQ1004 was reported in the published research with
the GenBank ID: MF033517.1 [14]. The strain was obtained using the methods of gradient
dilution and plate scratching. The components of the heterotrophic nitrification medium
(HM) and denitrification medium (DM) referred to the description in the reported work,
with some modifications [15]. 1 mol/L HCI or NaOH solution was used to adjust the pH.
All culture media were required to be sterilized at 121 °C for 15 min using high-pressure
steam before use.

2.2. Nitrogen Balance Analysis

The analysis of nitrogen balance by strain JQ1004 was based on the published work [15].
Firstly, 200 mL of liquid HM containing 50 mg/L ammonia was put into a 500 mL serum
bottle, and an O, /He gas mixture (2 L/min, for 10 min) was injected to ensure complete
air displacement. The bottle was sealed and sterilized at 121 °C for 30 min. Bacterial
suspensions were inoculated into the serum vials at a 2% (v/v) inoculation ratio. The
inoculation process ensured that the vials remained sealed to avoid mixing with external
nitrogen sources. The bacterial mixture was cultured at 140 rpm and 30 °C. Gas samples
were taken with a 1000 pL gas-tight needle, and the sampling volume was 200 pL. N,O
and N, were determined by gas chromatography. Cells were centrifuged and freeze-dried
to determine the intracellular nitrogen using an element analyzer, and the supernatant was
taken to detect NHs*, NO,~, NO3~, and total nitrogen (TN).

2.3. Kinetics of Nitrogen Degradation and Cell Growth

The bacterial suspension was inoculated into the liquid HM or DM to conduct ex-
periments on the degradation of different nitrogen compounds by the strain JQ1004. The
mixed solution was incubated continuously at 140 rpm and 30 °C for 48 h. N concentration
changes were monitored through timed sampling. The degradation kinetics model for
different nitrogen compounds could be fitted using a modified Compertz model [16]:

5280{1—exp[—exp(eSR;n(to—t)—i-l)]} (1)
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where Ry, is the maximum degrading rate (mg/(L-h)), S is the N concentration (mg/L) at a
certain time, Sy is the initial N concentration (mg/L), t; is the lag time (h), ¢ is the culture
time (h), and e is a mathematical constant (Euler’s number, approximately equal to 2.71828).
The Logistic model [17] was employed to fit the cell growth curves when using ammonia
as the nitrogen source. The model equations were:

a

T 1tbe ® @

y(t)
where 4, b, and k are the constants of the growth equation and e is the mathematical constant.

2.4. The Effect of Environmental Conditions on Nitrogen Removal

To investigate the characteristics of nitrogen removal by the strain JQ1004 under
different environmental conditions, sodium succinate and ammonium sulfate were used as
carbon and nitrogen sources, respectively, with the initial ammonia concentration set at
100 mg/L and a C/N ratio of 7.5. The control culture conditions were set as pH 7.0, 30 °C,
and 140 rpm. For different pH experiments, the initial pH was set to 5.5, 6.5, 7.0, 7.5, or
8.5, respectively. For different rotational speed experiments, the speed was set to 120, 140,
160, 180, or 200 rpm, respectively. For different temperature experiments, the temperature
was set to 20 °C, 25 °C, 30 °C, or 35 °C. Except for the variables being tested, all other
cultivation conditions were the same as those of the control group. Samples were taken
at regular intervals for the determination of NH4* and ODgg, and the cultured cells were
collected for the determination of the relative expression of functional genes.

2.5. Functional Genes Analysis

Functional genes involved in the nitrogen removal process were amplified using poly-
merase chain reaction (PCR), and their transcription levels were tested by quantitative PCR
(Q-PCR). The primer pairs for each functional gene used in PCR are shown in Table 1. The
lengths of the PCR-amplified fragments were detected via 2% agarose gel electrophoresis.
The sequences were submitted to the BLAST program at the National Center for Biotech-
nology Information (NCBI) for online comparison, and representative sequences with high
homology were downloaded for analysis based on the comparison results. Total RNA
was extracted using an RNAprep Pure Cell/Bacteria Kit (Tiangen Biochemistry, Beijing,
China) for Q-PCR. The 165 rDNA gene was used as an internal reference gene to correct for
differences in the cDNA content between different samples [18]. Q-PCR was also performed
on the target and internal reference genes of each sample using SYBR Green I. The data
were analyzed using the 2742¢T method [19].

Table 1. The PCR amplification primers list.

Functional Genes Primer Sequence (5'-3') Product Length (bp)
" AAGGATTGGCCATTGCTCTG “06
amo. GTGGACCTAAAATCCAAGCATT
, TAAAAGTTCACACACAAAAAGCAACGC 517
nirS ACAAGTACTGCACCCAGTAATTTGG
c AATCGCAGATCAATTCCAAGCG 537
nar TCAGCTTCAGTCTGACTAGATTCTAGT

2.6. Whole Genome Sequencing and Analysis

The DNA sample was extracted using the magnetic bead method for subsequent
gene library construction. The NEB Next® Ultra™ DNA Library Prep Kit (Shanghai,
China, Sangon) was used for the construction of sequencing libraries, and 2% agarose gel
was used for electrophoresis to check the size of the library. Samples were subjected to
paired-end sequencing using the Illumina HiSeq XTen. The data obtained from sequencing
were trimmed and filtered using Trimmomatic, and genome assembly was performed
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on the clean data after quality control. The assembled genome was subjected to Denovo
prediction of repetitive sequences. The predicted open reading frame (ORF) sequences
were converted into protein sequences and compared to the Gene Ontology (GO), Clusters
of Orthologous Groups of proteins (COG), or Kyoto Encyclopedia of Genes and Genomes
(KEGG) databases to obtain the GO, COG, and KEGG pathway annotations of the genes.

2.7. Analytical Methods

The contents of NH4*, NO3;~, NO,~, and TN were detected according to standard
methods [20]. The pH and temperature were measured using a portable tester (Munich,
German, Water Testing Worldwide). ODg(p was expressed as the absorbance value of the
bacterial suspension at 600 nm.

3. Results and Discussion
3.1. Nitrogen Balance Analysis

From the results of the nitrogen balance analysis in Table 2, it could be seen that
the strain JQ1004 converted ammonia into N,O and N, through the HNAD process, in
which 12.28% and 22.26% of nitrogen were transformed into N, O and N, respectively, and
emitted into the atmosphere. In addition, up to 54.61% of nitrogen was assimilated into
the intracellular nitrogen of the biomass. Xu et al. [21] stated that a novel fungal strain,
Fusarium keratoplasticum FSP1, with the HNAD function, assimilated 64.28% of nitrogen
into cell substances and dissimilated 20.41% into gaseous nitrogen. During the nitrogen
metabolism process, only a very small amount (<0.1 mg) of nitrate or nitrite was detected,
which was negligible within the detection error range, indicating that JQ1004 was able to
secrete nitrate reductase and nitrite reductase with high activity [22]. There was a 2.02%
ammonia deficiency in the nitrogen removal process, which might have been due to an
experimental error.

Table 2. The nitrogen balance of strain JQ1004 during the heterotrophic nitrogen removal process.

Initial Nitrogen Content (mg/L)
Error
TN(mg/L) NH,* NO;~ NO,~ Intracellular N N,O N,
50.58 4+ 0.74 4.37 + 0.08 0.04 + 0.01 0.06 + 0.02 27.62 £+ 0.57 6.21 +£0.14 11.26 £ 0.94 2.02%

Note: Error% = 100 x (Initial TN content — Final TN content)/Initial TN content.

3.2. Kinetic Analysis of Nitrogen Degradation and Cell Growth

As shown in Figure 1a, the modified Compertz model aptly described the degradation
patterns of different nitrogen sources by strain JQ1004. According to Table 3, the correlation
coefficients (R?) of the fitted curves for the degradation of ammonia and nitrate were 0.997
and 0.985, respectively. From the fitting results, it could be seen that strain JQ1004 had
an obvious delay period in degrading nitrogen pollutants, which was 5.91 h or 12.74 h,
respectively, for metabolizing ammonia or nitrate. These results indicated that the strain
JQ1004 showed a preference for degrading ammonia, which was in accordance with previ-
ously published work [23]. When using different nitrogen sources, the average degradation
rate of ammonia was significantly higher than that of nitrate based on the kinetic parame-
ters. Ammonia was rapidly degraded within 6-24 h, and the ammonia removal efficiency
reached 97.3% at t = 24 h, with the highest degradation rate of Ry, =7.93 mg/(L-h). Ren
et al. [24] studied the ammonia removal efficiency of Acinetobacter junii YB under different
C/N conditions and found that the maximum ammonia removal rate ranged from 4.04
to 10.09 mg/(L-h). Similarly, nitrate entered a quick consumption period at 13-35 h, with
a nitrate removal rate of 82.3% at t = 36 h and a maximum nitrate degradation rate of
Rm =4.08 mg/(L-h). The strain JQ1004 had higher degradation activity in metabolizing
ammonia than nitrate, possibly due to higher enzyme activity during ammonia oxidation
compared to denitrification [25].
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Figure 1. The nitrogen degradation curve (a), growth curve (b), and its first derivative (c) of
heterotrophic nitrifying strain JQ1004.

Table 3. The kinetic parameters of degradation of different nitrogen by strain JQ1004.

Kinetic Parameters Ammonia Nitrate
Sp (mg/L) 101.19 114.86
to (h) 5.91 12.74
Ry [mg/(L-h)] 7.93 4.08
R? 0.997 0.985

The Logistic equation, modeled as a typical S-curve, can be used to describe the effect
of increasing cell concentration on the microbial self-metabolism rate during growth and
proliferation [26]. As shown in Figure 1b, the equation was able to effectively fit the actual
experimental data of cell growth with an R? of 0.99. From the results of the regression
analysis, it can be seen that the maximum specific growth rate of strain JQ1004 using
ammonia as a nitrogen source was 0.34 h~!. Furthermore, the biomass of strain JQ1004
reached the maximum ODggg = 1.16 A at 24 h, according to the fitting curve. The growth
curves were first-order derived using the Origin 2018 software to obtain the instantaneous
growth rate, Ving. The instantaneous growth rate was calculated as:

v, =W BY _ i JUEHDE — f(E)

= lim —

dt x50 At;  x=0 At ®)

where the proliferation rate was taken into account when At — 0, which could more effec-
tively describe cell proliferation than the average growth rate. As shown in Figure 1c, the
proliferation process of strain JQ1004 was obviously divided into four stages. Stage I was a
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slow-growth hysteresis period which lasted for about 0-3 h. In this stage, microorganisms
mainly adapted to the environment by adjusting their own metabolic patterns and pro-
duced functional enzymes that could be used for subsequent metabolism. Subsequently,
the strain entered the logarithmic growth period (stage II), during which substrate was
consumed and utilized in large quantities to synthesize microbial cellular matter. Bacterial
biomass grew rapidly, and the duration of this stage was 3-12 h. After the logarithmic
period, the bacterial growth gradually entered a period of slow growth due to the large
amount of substrate consumption, and the duration of this stage (Stage III) was 12-30 h.
Finally, the strain entered the stable period (Stage IV), in which the growth rate was close
to zero, and the biomass no longer increased or even showed a slight decline due to cellular
demise and lysis.

3.3. Amplification and Expression of Functional Genes
3.3.1. PCR Amplification of Functional Genes

To further investigate the nitrogen removal mechanism, functional genes related
to nitrogen metabolism, including amoA, narG, nirS, and nirK, were amplified by PCR.
Ammonia monooxygenase (AMO), encoded by the amoA gene, catalyzed the conversion of
ammonia into hydroxylamine, which was the beginning of the nitrification reaction [27].
Generally, the amoA gene is used as a marker functional gene for identifying nitrifying
bacteria, as it is widely found among autotrophic or heterotrophic nitrifying bacteria [28].
As shown in Figure 2a, an amoA gene fragment with a length of 606 bp was amplified
from the genome of strain JQ1004. The sequences were submitted to NCBI for BLAST
online comparison, and the results showed that the gene was homologous to the strain
Acinetobacter pittii AB17H194 (CP040911.1), with up to 99% homology. Nitrate reduction
(NO3™ —NO; ") in the aerobic denitrification process was mainly completed by membrane-
bound nitrate reductase (narG) or periplasmic nitrate reductase (napA), which were located
in the cell membrane or periplasmic space [29]. According to the characteristics of aerobic
denitrification exhibited by JQ1004, the napA gene, as the signature gene, was theoretically
present in its genome. However, as shown in Figure 2b, only the narG gene was detected,
with a fragment length of 537 bp, due to the limitations of PCR technology. Furthermore,
the nirS gene, coding for the nitrite reductase containing cytochrome cd1, was obtained with
a fragment length of 381 bp. The results of the homology comparison showed that the nirS
gene had the highest similarity (97.64%) with the strain Acinetobacter haemolyticus XH900
(CP018260.1). The successful acquisition of the nirS gene further verified the denitrification
ability of strain JQ1004 at the molecular level [30].

3.3.2. The Patterns of Functional Genes Expression

The transcriptional patterns of three genes—amoA, narG, and nirS—during nitrogen
removal by strain JQ1004 are shown in Figure 2d. The findings indicated that the amoA
gene was expressed first, and AMO was synthesized and secreted with high activity,
leading to ammonia being degraded rapidly. The transcription level of the amoA gene
reached a maximum value of 1.98 x 10* copies at 12 h, and then decreased with ammonia
consumption. There was an obvious delay in the expression of the narG and nirS genes, and
their expression reached a maximum value of about 1.81 x 10* copies and 1.69 x 10* copies,
respectively, at 16 h. It has been shown that nitrite reductase is an inducible enzyme
requiring the presence of nitrate or nitrite to induce its expression [31]. In addition, the
transcription level of the amoA gene was significantly higher than that of the narG and nirS
genes, yet strain JQ1004 did not produce accumulation of intermediates such as nitrate or
nitrite, suggesting that the strain had other metabolic pathways in addition to the complete
nitrification and denitrification pathways.
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Figure 2. The PCR amplification results (a—c) and expression levels (d) of different functional genes
(amoA, narG, and nirS) for nitrogen removal.

3.4. Effect of Environmental Conditions
3.4.1. Different pH

Figure 3a shows the nitrogen removal ability and growth characteristics of strain
JQ1004 under different pH conditions, with sodium succinate as the carbon source. After
24 h of continuous culture, the average TN degrading efficiencies were up to 71.44%,
83.28%, 90.22%, 91.87%, and 88.12% at pH values of 5.5, 6.5, 7.0, 7.5, and 8.5, respectively,
and the maximum specific growth rates were 0.24 h=1,028h1,030h1,034h L and
0.30 h~!, respectively. It was concluded that a weakly alkaline environment (such as
pH =7.5) promoted ammonia degradation and the growth rate of the strain, while a too-
high or too-low pH environment inhibited nitrogen removal and bacterial growth. There
are two main reasons for the increase in nitrogen removal ability when the pH is weakly
alkaline. On the one hand, according to Loh et al. [32], aerobic bacteria tend to change their
metabolic mechanisms to adapt to environmental variations. When the pH increases due to
the alkalinity consumption of the nitrifying reaction, microorganisms will accelerate their
nitrification activity in order to produce more acid to lower the pH, thus keeping the cells
in an optimal pH environment. On the other hand, the metabolic substrate of AMO is NHj3
rather than NH;*, and an alkaline environment will accelerate NH3 production, which will
improve the nitrification activity and further promote TN removal efficiency [33]. Figure 3b
shows the changes in the relative expression of amoA, nirS, and narG in the strain JQ1004
under different pH conditions. The results indicated that the alkaline environment was
beneficial for the expression of the amoA, nirS, and narG genes. Compared with the control,
amoA, nirS, and narG expression increased by 34%, 23%, and 24%, respectively, at pH 7.5,
while amoA, nirS, and narG expression increased by 36%, 21%, and 19%, respectively, at
pH 8.5. As mentioned above, an alkaline environment promoted the activity of AMO
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and induced more NHy* to be converted to NO, ~ or NO3; ~, which further enhanced the
expression of the narG and nirS genes. In addition, all acidic environments inhibited the
expression of functional genes. Compared to the neutral environment, the expression of
amoA, nirS, and narG decreased by 37%, 26%, and 18%, respectively, at pH 5.5. These results
revealed that the sensitivities of these three genes to an acidic environment were in the
order of amoA > nirS > narG.
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Figure 3. The effect of environmental conditions on nitrogen removal and gene expression of strain
JQ1004: (a,b) different pH; (c,d) different temperatures; (e f) different rotational speeds.

3.4.2. Different Temperatures

As shown in Figure 3¢, the temperature significantly affected nitrogen removal and the
corresponding gene expression of strain JQ1004. The highest growth and nitrogen removal
efficiency were observed at 30 °C, with a maximum specific growth rate of 0.33 h~! and
an average TN degrading efficiency of 90.08% at 24 h, respectively. When the temperature
increased to 35 °C, the growth and nitrogen degradation were not overly affected. The
maximum specific growth rate and average TN removal efficiency were 0.32 h~! and
89.11% at 24 h, respectively. It could be seen that the optimal temperature range for strain
JQ1004 was 30-35 °C, which was consistent with the results of previous studies, i.e., the
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optimal temperature for the metabolic growth of heterotrophic nitrifying bacteria was
30-37 °C [33,34]. Furthermore, the maximum specific growth rates were 0.16 h=1,024h71,
and 0.27 h~!, with average TN removal efficiencies of 49.82%, 70.53%, and 80.41%, when
the temperature was 20 °C, 25 °C, and 40 °C, respectively. The findings suggested that
low temperatures resulted in a slow microbial growth rate and weak metabolic vitality,
further leading to a decrease in the rate of nitrogen removal. When the temperature
was too high, it easily led to the denaturation of nucleic acids or proteins, reducing the
activity of related metabolic enzymes and affecting bacterial growth and reproduction [25].
Figure 3d demonstrates that temperatures which were either too high or too low inhibited
the expression of amoA, nirS, and narG. Compared with 30 °C, the transcriptional levels
of the amoA gene were reduced by 39%, 18%, 3%, and 18% at 20 °C, 25 °C, 35 °C, and
40 °C, respectively. The transcriptional levels of the nirS gene were decreased by 38%, 16%,
5%, and 11%, while those of the narG gene were decreased by 42%, 21%, 6%, and 14%,
respectively. It can be concluded that the different functional enzymes involved in the
nitrogen cycle of strain JQ1004 were sensitive to temperature changes, and the enzyme
activities were decreased by both high and low temperatures.

3.4.3. Different Rotational Speeds

Figure 3e shows that the maximum specific growth rate of strain JQ1004 was 0.26 h—!
at 120 rpm, and the average TN removal efficiency was only 69.41% after 24 h. When
the shaking speed increased to 140 rpm, the bacterial growth and metabolism rate were
accelerated with the rising DO content. The maximum specific growth rate was 0.34 h™1,
and the average TN removal efficiency was 90.36% after 24 h. When the speed successively
increased to 160 rpm, 180 rpm, and 200 rpm, the specific growth rates of the strain in 24 h de-
creased t0 0.31h~1,0.28 h~ 1, and 0.24 h 1, respectively, and the corresponding TN removal
efficiencies reduced to 84.19%, 72.58%, and 67.16%. The reasons for this phenomenon might
lie in the increase in dissolved oxygen (DO) caused by the ascending rotational speed, pro-
moting the nitrification activity within a certain concentration range and further enhancing
the nitrogen removal performance. However, an excessively high DO concentration could
inhibit the denitrification process, thereby reducing the TN removal efficiency. According
to the coupling mechanism proposed by Wehrfritz et al. [35], O, as one of the essential
substrates for HNAD bacteria, was involved in nitrogen conversion under the catalysis of
AMO and synergistic respiration with nitrate or nitrite. Although HNAD bacteria mostly
grow under aerobic conditions, nitrite reductase in the denitrification process is sensitive to
oxygen, and too high a DO concentration will inhibit its activity [36]. On the contrary, a
shortage of DO will also limit the nitrification reaction, so controlling the DO at the optimal
concentration is especially important for microbial growth and the nitrogen degradation
process. As shown in Figure 3f, compared with the control group, the expression of the
amoA gene decreased by 28% in the 120 rpm group and increased by 12%, 6%, and 2% in
the 160, 180, and 200 rpm groups, respectively. The results demonstrated that the reduction
in DO concentration inhibited the expression of the amoA gene and thus reduced the het-
erotrophic nitrification activity of the strain. Shoda and Ishikawa [37] studied the effect of
DO on the HNAD strain Alcaligenes faecalis strain No. 4, stating that the microorganism
still retained a high heterotrophic nitrification capacity when the DO concentration was
2 mg/L. The nitrogen removal ability of the HNAD strain decreased significantly once
the DO concentration fell below 1 mg/L. In addition, the expressions of functional genes
related to the denitrification process were inhibited to different degrees due to the increase
in rotational speed. Compared with the control group, the expression of the narG gene
decreased by 16%, 29%, and 48% at 160 rpm, 180 rpm, and 200 rpm, respectively, while the
expression of the nirS gene decreased by 28%, 46%, and 64%. The findings confirm that
denitrification genes have different degrees of sensitivity to DO, and that the narG gene is
more tolerant than the nirS gene to DO.

In summary, Acinetobacter sp. JQ1004 is capable of nitrogen transformation through
the heterotrophic nitrification—aerobic denitrification process. The overexpression of anoA
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genes compared to denitrification-related genes suggests the potential existence of a direct
ammonia oxidation pathway (NH;*—NH;OH—N;). This direct ammonia oxidation
reaction utilizes ammonia as an electron donor and O, as an electron acceptor, transforming
ammonia directly to N, via NHyOH as an intermediate [38]. Unlike the common complete
nitrification—denitrification process, the direct ammonia oxidation process significantly
reduces the consumption of electrons, demonstrating immense application potential in
the field of biological nitrogen removal [39]. Kinetic parameters related to the growth
and metabolism of HN-AD bacteria, such as the growth rate and substrate consumption
rate, can be obtained through the Logistic model and the modified Compertz model,
providing a theoretical basis for practical applications. These kinetic models can predict
the metabolic patterns of the strain towards pollutants under different conditions, enabling
the optimization of reactor design and operational parameters and ultimately enhancing
treatment efficiency.

3.5. Analysis of the Whole Genome
3.5.1. Molecular Characterization of the Genome

The genome of strain JQ1004 was sequenced using the Illumina Hiseq™ sequencing
platform, and the total number of reads obtained after quality control of the raw data was
9.19 x 10°. The average sequence length was 146.2 bp, of which the high-quality data
standardized by Q20 were 1.33 x 10° bp, accounting for 99.1% of the total number of
bases. The genome was assembled to obtain a genome size of 1.34 x 10 bp and divided
into 35 contigs with a GC content of 40.1%. The assembled results were subjected to gene
element prediction and preliminary annotation, while Denovo prediction of repetitive
sequences was carried out at the same time. A total of 3291 genes were predicted and
involved in encoding proteins. Among them, the numbers of genes containing bases >500
bp and >1000 bp were 2408 and 1171, respectively, and the numbers of tRNAs and rRNAs
were 62 and 8, respectively.

3.5.2. Functional Genes Annotation

As shown in Figure 4a, the bacterial genome was subjected to functional annotation
using the COG database. There were 3201 functional genes predicted by ORF, of which
2351 genes could be annotated in the COG database, accounting for 73.5% of the total
number of genes. Genes could be annotated in the COG database under the categories of
“Energy production and conversion”, “Amino acid transport and metabolism”, “Transla-
tion, ribosomal structure and biogenesis”, “Transcription”, “Cell wall/membrane/envelope
biogenesis”, and “Inorganic ion transport and metabolism”, which accounted for 6.2%,
7.2%,7.3%,7.9%, 6.1%, and 6.2%, respectively. In addition, there were 256 genes (approxi-
mately 10.9%) in strain JQ1004 with uncertain protein functions, which need to be further
investigated. The GO database was utilized to enrich the genes of strain JQ1004 from three
aspects: biological process, cellular component, and molecular function. A total of 2057
genes were annotated in the GO database, accounting for about 64.3% of the total functional
genes. As shown in Figure 4b, most of the functional genes were enriched in the “metabolic

s

process”, “cellular process”, or “single-organism process” of the biological pathway; “cell”,

V7

“cell part”, “membrane”, or “membrane part” of the cellular components; and “catalytic
activity”, “transporter activity”, or “binding” of the molecular functions related to catalytic
binding. The genome was enriched and analyzed in terms of pathways using the KEGG
database. A total of 1672 genes, accounting for about 52.2%, were annotated in the KEGG
database. As shown in Figure 4c, the strain JQ1004 had a large number of genes enriched
in the “ Amino acid metabolism”, “Carbohydrate metabolism”, and “Energy metabolism”
pathways, and the most enriched pathway was the “Amino acid metabolism” pathway,
with a total of 242 enriched genes.

Analysis of the metabolic pathways showed that the strain JQ1004 contained not only
general essential metabolic pathways, such as carbon metabolism (ko01200), the tricarboxylic

acid cycle (TCA cycle, ko00020), glycolysis/gluconeogenesis metabolic pathways (ko00010),
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and pyruvate metabolism (ko00620), but also nitrogen metabolism (ko00910), sulfur metabolism
(ko00920), fatty acid metabolism (ko01212), methane metabolism (ko00680), selenium metabolism
(ko00450), propionic acid metabolism (ko00640), butyric acid metabolism (ko00650), glyoxylate
and dibasic acid metabolism (ko00630), fructose and mannose metabolism (ko00051), starch and
sucrose metabolism (ko00500), and other basic metabolic pathways. Among them, the genes
that could be annotated to the nitrogen metabolic pathway were mainly the gltB, gltD,
gInA, nasA, nirB, narK, nrtP, cynT, and gdhA genes. In addition to the ability to metabolize
ammonia, nitrate, and other nitrogen compounds, the results of functional annotation
showed that the strain JQ1004 was able to degrade aromatic compounds, limonene, pinene,
aminobenzoic acid, 2-carbonylsalicylic acid, benzoic acid, geraniol, caprolactam, bisphenol,
chloroalkanes, styrene, ethylbenzene, nitrotoluene, xylenes, atrazine, dioxin, naphthalene,
etc. This indicates that the bacterium has great potential for application in wastewater
treatment.
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Figure 4. The functional annotation classifications of strain JQ1004 in the COG (a), GO (b), and KEGG
(c) databases.

4. Conclusions

The present study mainly investigated the nitrogen removal characteristics of the
strain JQ1004 under different environmental conditions, as well as its whole genome.
Nitrogen balance analysis showed that about 12.3% and 22.3% of nitrogen was converted to
N,O and Ny, respectively. Up to 54.6% of nitrogen was converted to intracellular nitrogen
by assimilation. The amoA, narG, and nirS genes were successfully expressed, and the
transcription of denitrification-related genes lagged obviously behind amoA genes. A
weakly alkaline environment promoted the expression of the amoA, narG, and nirS genes,
while environments with too-high or too-low pH values inhibited nitrogen removal and
cell growth. The optimal temperature was 30-35 °C. Increasing the rotational speed was
able to improve the heterotrophic nitrification ability, but suppressed the expression of
genes related to the denitrification process. The total number of functional genes predicted
by the ORF was 3201, among which 2351 genes could be annotated to the COG database,
accounting for 73.45%. About 2057 genes were annotated to the GO database, accounting
for about 64.26%, while 1672 genes (52.23%) were annotated to the KEGG database. Among
these, the most enriched pathway was “Amino acid metabolism”, collecting approximately
242 genes.
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Abstract: This study utilizes a natural air diffusion cathode (ADC) and an ultraviolet lamp to
construct a UV/H,O; reactor for the in situ synthesis and activation of HyO, and evaluates its
potential application in practical lake water treatment. The results indicate that the reactor exhibits
stable treatment performance during a continuous flow experiment of 80 h. The air diffusion cathode
maintains an H,O, concentration of above 350 mg~L*1 in sodium sulfate electrolyte and shows no
decreasing trend. Under the condition of approximately 59% H,O, utilization, the removal rates of
COD and TOC are 37.6% and 40.0%, respectively; the rate of reduction of Ajs4 is 64.3%; while the total
bacterial count removal rate reaches 100%. Large organic molecules in surface water are degraded to
small organic molecules and mineralized to inorganic minor molecules. It effectively ameliorates
the problem of organic pollution of surface water and effectively kills bacteria and improves the
microbiological safety of the water body. Therefore, the UV/H;0O; system developed in this study,
based on electrochemically produced HyO,, is an effective method for treating micro-polluted
surface water.

Keywords: UV/H,0, technology; air diffused cathode; oxidation of organic matter; lake water

1. Introduction

Lakes, as integral ecosystems and essential freshwater resources, are instrumental in
the purification and conservation of water, the modulation of climate dynamics, and the
preservation of ecological equilibrium and biodiversity. They are even used as domestic wa-
ter in some water-scarce areas [1,2]. As human society experiences accelerated growth and
development, the ecological health and sustainability of lakes are increasingly under severe
threat [3]. Due to rapid industrialization and the spread of intensive agricultural practices,
eutrophication and pollution have become widespread in many inland water bodies [4].
Eutrophication precipitates the proliferation of algal and cyanobacterial blooms, culminat-
ing in the turbidity and toxicity of water bodies, which in turn endangers biodiversity and
compromises the safety of human populations [5]. In addition to the challenges posed by
algal growth, lake waters are increasingly found to contain a diverse array of emerging
organic contaminants, including pesticides, pharmaceuticals, and personal care products,
which are being continuously detected [6,7]. Although the detected concentrations of these
organic pollutants are low, their recalcitrant nature and propensity for bioaccumulation
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necessitate the implementation of advanced treatment methods to ensure their effective
degradation, thereby safeguarding water security for humans [8].

Conventional water treatment technologies exhibit constrained efficacy in the reme-
diation of nascent organic contaminants. Moreover, certain process technologies, such
as chlorination for disinfection, can engender hazardous by-products like organohalides,
thereby precipitating ancillary pollution [9]. In the face of these challenges, advanced
oxidation processes are regarded as a promising solution, offering the advantages of high ef-
ficiency, versatility, and low secondary pollution [10-12]. The potent oxidizing free radicals
produced by this process ultimately mineralize chemically recalcitrant organic pollutants
present in water to CO,, H,O, and additional inorganic minor molecules, or they facili-
tate the transformation of more toxic pollutants into low-toxicity, readily biodegradable,
small-molecule organic compounds [13,14]. Among the advanced oxidation technologies,
ultraviolet/hydrogen peroxide (UV/H,0,) technology has received widespread attention
because of its high oxidizing capacity, few toxic by-products, and easy operation [15-17].
However, H,O, needs to be continuously dosed in the UV /H,0O; technology, and as an
explosive hazardous chemical, the transportation and storage of high concentrations of
H,0O; are risky [18].

The electrochemical reduction of oxygen to synthesize H,O,—a methodology that
is continually advancing toward maturity—has garnered substantial interest within the
domain of water-treatment technology. This technique affords significant environmental
advantages, permits meticulous regulation of concentration, and obviates the potential risks
related to the storage and transportation of HyO; [19,20]. Some studies have shown that
the use of electrochemical in situ generation of HyO, combined with UV for the treatment
of wastewater with specific pollutants can achieve good performance [21]. However, there
is a lack of empirical data on the application of this technology to the treatment of real
water bodies. The composition of real water is complex, and the metal cations (Ca?*, Mg?*,
etc.) in the water will accumulate at the cathode under the action of an electric field and
generate precipitation on the cathode surface, leading to the deterioration of the electrode
and a decrease in the HO, production rate [22,23]. Meanwhile, the stability of the system
needs to be verified by long-term experiments.

To address the above problems, this paper utilizes a homemade air diffusion cathode
with a UV lamp to construct a UV/H;0O, system, which allows the oxygen in the air to
naturally diffuse through the gas diffusion layer to the reaction sites on the catalyst layer
for HyO; electrogenesis. To avoid the cathodic scaling problem, we added a bypass of
H,O; electrosynthesis in a sodium sulfate electrolyte. In this study, an actual lake water
sample was used as the treatment object to carry out a long continuous-flow experiment.
During the experiment, several indicators, including the potential of hydrogen (pH), H,O,
concentration, total organic carbon (TOC), absorbance at 254 nm (Ajs4), chemical oxygen
demand (COD), fluorescent substances, and total bacterial counts were monitored and
evaluated to comprehensively evaluate the performance of this treatment technology. The
results of this paper can verify the feasibility and effectiveness of the UV/H,O; technology
of electrochemical in situ generation of HyO; in the treatment of surface water and provide
data support for the further promotion and application of the technology. It also allows for
local water treatment in areas where clean water is scarce, providing a new way to access
clean water.

2. Materials and Methods
2.1. Materials

Conductive carbon black BP2000 was purchased from Cabot Co. (Boston, MA, USA).
The 60% polytetrafluoroethylene emulsion (PTFE) and titanium sulfate (TiSO,) were pur-
chased from Aladdin, Inc. (Shanghai, China). Ethanol (C;HsOH), manganese dioxide
(MnO,), and sodium sulfate (Na;SO,) were purchased from Sinopharm Chemical Reagent
Co., Ltd., (Shanghai, China). Catalase (100,000 u/g) was purchased from Shandong Longo
Enzyme Preparation Co., Ltd. (Linyi, China). All of the above materials are analytically
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pure and above and were used as is. Dimensionally stable electrode (DSA, Ti/Rulr) was
purchased from Baoji Longsheng Nonferrous Metals Co., Ltd. (Baoji, China)

2.2. Preparation of CB-PTFE Air Diffusion Cathodes

The air diffusion electrode consists of a gas diffusion layer (in contact with air), a
catalytic layer (in contact with water), and a current collection layer (connected to the power
supply). The conductive carbon black was dispersed in anhydrous ethanol and stirred well
and was ultrasonically stirred and mixed for 30 min, while 60% PTFE emulsion was added
slowly and dropwise. The mass ratios of carbon black to PTFE in the gas diffusion layer
and the catalytic layer were 1:3 and 2:1, respectively. The resulting suspension was dried in
a water bath at 80 °C to remove excess ethanol and pressed under a roller press to make
a sheet of about 0.2 mm. The 0.2 mm gas diffusion layer and catalytic layer flakes were
placed on both sides of a stainless-steel mesh and pressed together to form 0.4 mm flakes,
which were left to stand for 24 h and then fired at 340 °C for 1 h.

2.3. Experimental Methods

The experimental water for this study was obtained from Huangjia Lake in Wuhan
City, and the main water quality parameters of the lake are shown in Table 1. Samples were
taken from the lake at 16:00 every day and kept still in the laboratory. The supernatant
was used at 08:00 the next day for the continuous experiments. As shown in Figure 1,
the experimental setup was mainly composed of an HyO, generation chamber, raw water
electrolysis chamber, excess H,O, treatment chamber, and UV reactor. All three chambers
had internal dimensions of 2 cm x 2 cm x 16 cm. The raw water was delivered into
the electrolysis chamber by a peristaltic pump (LM60B-RZ1030-4, Nanjing Runze Fluid
Control Equipment Co., Ltd., Nanjing, China) at 8 mL-min~!. The electrolysis chamber was
equipped with two-dimensionally stable electrodes (DSA, Ti/Rulr) at a distance of 2 cm. A
solution of 50 mM NaySO4 was pumped at a rate of 2 mL-min~! into the H,O, generation
chamber, which consisted of an air diffusion cathode and a DSA anode at a spacing of
2 cm. The gas diffusion layer of the air diffusion cathode was exposed to natural air without
an additional gas supply. Then O; entering from the gaseous diffusion layer was reduced
by 2e™ transfer on the catalytic layer to HyO; in a NapSOy solution. The resulting H,O,
solution was then mixed with the effluent from the electrolysis chamber and fed at a flow
rate of 10 mL-min~! into a UV reactor fitted with a low-pressure mercury lamp (254 nm,
10 watts). The volume of the UV reactor was 250 mL and the residence time was 25 min. The
effluent of the UV reactor went into the excess H,O, treatment chamber, which was filled
with MnOj solid particles. The constant current was supplied by DC power (GPS-X303/C,
Taiwan Goodwell Electronics Co., Ltd., New Taipei City, Taiwan).

Table 1. Main water quality parameters of Huangjia Lake.

Parameters Cl- SO,4%~ CaZ* Mg2* COD TOC

Concentration (mg-L’l) 38.9 £ 0.99 63.4 +1.12 40.8 £ 0.82 7.6 £0.15 37.0 £5.21 7.35 +1.36

2.4. Methods of Analysis

pH was measured by pH meter (Multi 3630 IDS, WTW Group, Wuppertal, Germany).
H,0O, was measured by a UV-visible spectrophotometer (AOE UV-1800, Shanghai Aoyi
Instrument Co., Ltd., Shanghai, China) at wavelength 405 nm after color development
by titanium sulfate [24]. Total organic carbon (TOC) was determined by a total organic
carbon analyzer (HTY-CT000M, Hangzhou Tailin Biotechnology Equipment Co., Ltd.,
Hangzhou, China). Ajs4 was determined by a UV-visible spectrophotometer. The samples
for COD analysis were pretreated by catalase to remove the interference of H,O, [25]
and then determined by the potassium dichromate method. The enumeration of total
bacteria was conducted utilizing the plate culture technique, wherein 0.5 mL water samples
were inoculated onto Petri dishes containing agar to achieve an even spread of the sample
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across the medium’s surface. Following this, the dishes were subjected to an incubation
period of 24 h at a temperature of 37 °C to allow for the visualization and subsequent
counting of bacterial colonies that emerge. Fluorescent organic matter was detected by a
fluorescence spectrophotometer (F-7100, Hitachi High-Technologies Co., Tokyo, Japan),
and three-dimensional fluorescence spectrograms were drawn to analyze the fluorescent
organic matter. The morphologies of the catalytic layer of the air diffusion electrode were
examined on a field-emission SEM (ZEISS Gemini SEM 300, Jena, Germany).

T 07T

|
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Sodium Sulfate Solution

Raw Water
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Figure 1. Schematic diagram of the experimental setup (1: HyO, generation chamber; 2: Raw water
electrolysis chamber; 3: Excess HyO, treatment chamber; 4: UV reactor; 5: Manganese dioxide; 6: Air
diffusion electrode; 7: DSA electrode).

The current efficiency (CE) was calculated using Equation (1) [26],

CE — nCqF

x 100% 1)

where 7 is the number of electrons transferred from oxygen reduction to H,O, (2), C
represents the H,O, concentration (mol-L71), q is the flow rate (L-s71), Fis Faraday’s
constant (96,486 C~m01*1), and [ is current intensity (A).

The electric energy consumption (EEC, kWh-kg ') was calculated with Equation (2) [27],

uI
EEC = C @)

where U and I are the applied voltage (V) and current (A), respectively; C is the concentra-
tion of H,O, (g-L_l),' and ¢ is the flow rate (L-h—1).

49



Water 2024, 16, 1658

H,0, concentration (mg-L™")

Energy consumption (kWh-kg ™)

1000

800

600

400

200

The unit electrical energy (kWh-m~?) to treat a unit volume of lake water was calcu-
lated from Equation (3),

UEE = 1; 3)

where p is the total power (w), which is jointly composed of the electrolysis chamber, the
H,0; generation chamber, and the UV reactor power, and g is the flow rate (L-h™1).

3. Results and Discussion
3.1. Performance of HyO, Production by the Air Diffusion Cathode

Sodium sulfate solution at a concentration of 50 mM was used as the electrolyte. Then,
the effluent concentration of HyO, under different conditions was determined by varying
the magnitude of the current density and flow rate, other performance indicators were
calculated, and the corresponding results were plotted (Figure 2).
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Figure 2. (a) HyO; concentration, (b) current efficiency, (c) energy consumption per unit, (d) HyO,
generation rate versus flow rate and current density. All experiments were performed in 50 mM
sodium sulfate solution.

It was observed that the H,O, effluent concentration, current efficiency, energy con-
sumption per unit, and rate of production were directly related to the magnitude of the
applied current density and flow rate. For example, at a current density of 10 mA-cm ™2,
the current efficiency decreased from 67.03% to 26.29% as the flow rate decreased from
16 mL-min~! to 2 mL-min~!. At a constant flow rate, the current efficiency showed a slow
decreasing trend with increasing current density. At a flow rate of 16 mL-min~!, the H,O,
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production rate increased from 2.29 mg- cm~2-h~! to 8.75 mg- cm~2-h~! as the current den-
sity was increased from 5 mA-cm~2 to 20 mA-cm 2, showing a linear relationship between
the applied current density and the H,O, production rate, which suggests that it is possible
to adjust the applied current density to control the production rate. In addition, the unit
energy consumption also increased with increasing current density, from 8.51 kWh-kg ! at
5mA-cm 2 t022.62 kWh-kg ! at 20 mA-cm 2. As the current density increased, the current
efficiency decreased, and the energy consumption of the cell gradually increased, which
could be due to the accelerated rate of self-decomposition of HyO, [21]. The results showed
that the electrochemical in situ HyO, generation reactor in this study was able to provide
sufficient HyO, for surface water treatment within an acceptable range of current efficiency
and energy consumption. The effluent concentration of HyO, increased accordingly with
increasing current density and decreasing flow rate; however, this trend was accompanied
by a decrease in current efficiency and an increase in the unit energy consumption. The
focus of this study is to perform a comprehensive evaluation of UV/H;0O; systems to
balance energy consumption and electrolyte cost while pursuing high H,O,; yields.
Considering that the device acts on lake water, it was also necessary to verify the H,O,
production performance of the air diffusion electrode in real lake water. The actual lake
water was injected into the HyO, generation chamber as the electrolyte, and the electrolysis
process was carried out for 4 and 8 consecutive hours. The H,O, concentration of the
effluent water was then detected. The results are presented in Figure 3a. After 4 h of
continuous electrolysis, the HyO, concentration of the effluent water was 11.1 mg~L’1, and
the current efficiency was 16.8%. After 8 h of electrolysis, the H,O, effluent concentration
was 4.76 mg-L~!, and the current efficiency was 7.2%. Compare (b) and (c) in Figure 3:
a layer of white scale, which might be induced by precipitation of Ca?* and Mg?* in the
lake water, covered the surface of the ADC after 8 h operation (Equations (4) and (5)). A
similar problem has occurred in previous studies, wherein scale formed on ADC led to
the performance deterioration of the electrode [22,23]. To avoid degradation of electrode
performance due to deterioration of the electrode surface, subsequent experiments will
produce HyO, by electrolysis in a simulated electrolyte. The method of mixing the resulting
H,0O; solution with lake water was used for subsequent lake water treatment experiments.

2H,0 +2e~ — 20H +H, ¢ ()

Ca®* (Mg?*) +20H" — Ca(OH), | [Mg(OH),] | ®)

Considering that HyO; is a strong oxidizing agent, it is worth exploring the effect of
its individual action on water quality. The H,O; solution generated by the electrochemical
reduction method was mixed with lake water that had been standing for some time, and
after one hour of reaction, the HyO, content and other water quality indicators were
tested. As shown in Table 2, the concentration of H,O, after 1 h reaction was almost
unchanged, leading to a utilization rate of almost zero, and other water quality indexes
were also basically unchanged. This observation indicated that HyO, alone could not
oxidize the organic pollutants in the lake water. Therefore, in this study, a quick mixing
of raw water with HyO, solution before entering the UV reactor for advanced oxidation
reaction was adopted.

Table 2. Parameter changes during 1 h reaction of H,O, with lake water.

Reaction Time H,0; (mg-L-1) COD (mg-L-1) Ajsy
Oh 63.93 £ 2.20 42 +2.83 0.104 £ 0.001
1h 62.20 = 0.73 41 +4.24 0.097 £ 0.001
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Figure 3. (a) Variation in H,O, .oncentration and current efficiency with electrolysis time (current
of 50 mA, flow rate of 8 mL-min~1), (b) air diffusion electrode before electrolysis, (c) air diffusion
electrode after 8 h of electrolysis.

The complex composition of natural water bodies and the scattering and high optical
density effects caused by metal cations (Ca2+, Mg2+, etc.), inorganic anions (CI~, etc.),
natural organic matter (humic acid, fulvic acid, etc.), and other constituents in the water
bodies, all lead to a reduction in the efficiency of UV-activated H,O; in generating free
radicals [15,28]. In this study, it is proposed to use an appropriate increase in the initial
concentration of HyO, in the raw water to reduce the impact of the above problems.
Therefore, on the premise of comprehensive consideration of various factors such as energy
consumption, treatment effect, device convenience, and water quality environment, and to
ensure that the concentration of HyO, effluent from the HyO, generation chamber meets the
experimental requirements, for this study we decided that the HO, generation chamber
would conduct the subsequent experiments under the conditions of a current density of
10 mA-cm 2 and a flow rate of 2 mL-min~!. The subsequent experiments were carried out
at a current size of 30 mA and a voltage of 13 V in the raw water electrolysis chamber. The
utilization of HyO, was further explored by monitoring the change in HyO, concentration
in the system during the reaction process and assessing the treatment effect of the excess
H,O, treatment chamber. Through this comprehensive consideration, this study aims to
provide a comprehensive assessment of the production and utilization efficiency of H,O,
under optimal experimental conditions and to provide more reliable data support for the
experimental results.

According to the results in Figure 4a, the air diffusion cathode performed well in
generating H,O, after up to 80 h. The concentration of H,O; effluent from the H,O,
generation chamber remained above 350 mg-L~! and did not show a decreasing trend.
Through the characterization of the catalytic layer’s surface, we can gain insights into its
structural and functional properties, which are crucial for understanding its performance
in electrochemical reactions. As shown in Figure 4b,c, PTFE and carbon black are uniformly
distributed on the catalytic layer. After a long time of electrolysis, the structure of the
catalytic layer is still compact and there is no obvious change in the morphology, which is
the reason why there is no degradation of the electrode performance. When the effluent
from the H,O, generation chamber was mixed with the raw water, the concentration of
H505 in the influent water of the UV was about 78 mg‘L’l, the effluent water of the reactor
was about 32 mg-L !, and the utilization rate of H,O, was about 59%. The consumption
of HyO; is closely related to the quality of the water and the irradiation time of the UV
lamps [29]. To ensure the treatment effect and safety, a post-treatment process was added
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after the UV reactor effluent to eliminate these potential pitfalls, and the data showed
that the HyO, decomposition chamber was able to decompose H,O, effectively with a
decomposition efficiency of about 60%. These results further prove the treatment effect and
safety of the system.
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Figure 4. (a) Changes in HyO, concentration; SEM images of the catalytic layer of the air diffusion
electrode (b) before and (c) after the long-term experiment.

3.2. Removal of Organic Pollutants and Microorganisms

The pH of the influent water was around 7.65 and the pH of the effluent water from
the UV reactor was around 6.88, with a decrease in the effluent pH compared with the
influent pH. This phenomenon may be attributed to the fact that some natural organic
matter in the influent water is oxidized by -OH and degraded to weakly acidic products
such as CO,, HCO3 ™, and small-molecule carboxylic acids (Equation (6)) [30]:

R+ -OH — CO, + H,O 6)

As an important indicator for assessing the content of organic matter in water, changes
in Apsy directly reflect the degree of degradation of macromolecular organic matter in water.
When the Ajs4 value changes, it not only indicates a decrease in the total amount of organic
matter but also implies a significant change in the structure of organic matter, especially a
decrease in aromaticity [31]. According to the results in Figure 5, the UV /H,O, system has
a stable reduction effect on Ajs4. The organic content of the effluent water was significantly
reduced after the raw water was treated by electrolysis and the UV reactor. The mean
Ajsy for the influent water was found to be 0.070, whereas the Ajsy of the effluent water
from the electrolysis chamber averaged 0.057, indicating an average reduction of 18.6%
in Apss. The average value of Ajsy in the effluent water from the UV reactor was 0.025,
with an overall average reduction of 64.3% in Apsy. The electrolytic treatment served as a
preliminary purification, while the UV reactor further improved the effluent quality.

The chemical oxygen demand concentration is a measure that reflects the level of
contamination by reducing agents in water and is considered one of the significant indica-
tors for evaluating the extent of organic pollution in aquatic environments. As depicted
in Figure 6, the system exhibits a pronounced efficacy in the removal of COD, signifying
that the process efficiently eliminates the reducing substances present in the water. The
mean concentration of COD in the raw water was determined to be 37 mg-L~!. After
the electrolysis treatment within the electrolytic cell, the mean COD concentration in the
effluent water decreased to 31.7 mg-L !, indicating an average removal efficiency of 14.3%.
This result shows that the electrolysis process plays a role in the removal of COD, and parts
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of the reducing substances are directly oxidized on the anode surface, but there is still room
for improvement in the removal effect. When the effluent from the electrolysis chamber
entered the UV reactor for advanced oxidation, the average value of COD was further
reduced to 23.1 mg-L’l, which was 37.6% lower than that of the raw water. The UV/H,0,
process is more efficient for COD removal, and the combination of electrolysis and UV
reactor has a good synergistic effect on COD removal. The two processes can correspond to
different types of pollutants, with easily oxidized pollutants being removed by anodic oxi-
dation and difficult pollutants being removed by oxidation with strong oxidizing radicals
generated by advanced oxidation reactions. The electrolysis chamber initially reduces the
COD concentration, while the UV reactor further improves the removal efficiency, resulting
in a significant improvement of the effluent water quality.
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Figure 5. Change in absorbance at 254 nm.
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Figure 6. Changes in chemical oxygen demand content.
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As illustrated in Figure 7, total organic carbon measurements were conducted on both
the raw water and the water samples treated in the electrolysis chamber and UV reactor.
This study aimed to assess the effectiveness of these treatments in removing organic
pollutants. The average TOC content of the raw water was 7.35 mg-L~!, showing some
organic pollution load. After the electrolysis reaction occurred in the electrolysis chamber,
the average TOC of the effluent water was reduced to 6.35 mg-L~!, with a removal rate
of 13.6%. This change indicates that the electrolysis process has an impact on the removal
of organic pollutants from water. The electrolysis process reduces the TOC concentration
through oxidation and reduction mechanisms. Some of the organic matter is converted
to more degradable forms or is removed directly from the water column. Nevertheless,
the TOC concentrations in the discharged water from the electrolysis chamber remained at
relatively high levels compared with the raw water samples. This indicates that although
the electrolysis process is effective to some extent, it does not completely remove all organic
pollutants. Following the wastewater from the electrolysis chamber’s entry into the UV
reactor and its subsequent participation in an advanced oxidation reaction, the average
concentration of TOC in the wastewater was significantly reduced to 4.41 mg-L~!, with
a removal rate of 40.0%. This significant decreasing trend indicates that the UV reactor
is more effective at removing organic pollutants than the electrolysis process alone. The
advanced oxidation reaction was able to attack the organic molecules with a strong oxidant
to mineralize them into harmless small molecules, thus achieving efficient TOC removal.
Meanwhile, the stability of the effluent TOC concentration indicates that the process has
reliable operation.
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Figure 7. Changes in total organic carbon content.

As shown in Figure 8, (a—c) and (d—f) are the three-dimensional fluorescence spec-
trograms of the raw water, the effluent from the electrolysis chamber, and the effluent
from the UV reactor at different sampling times, respectively. Different fluorescent sub-
stances correspond to different wavelength ranges, and blocks I, I, III, IV, and V on the
spectrograms represent tyrosine, tryptophan, fulvic acid, dissolved microbial metabolites,
and humic acid, respectively. A meticulous comparison of the three-dimensional fluo-
rescence spectrograms of the raw water and the effluent from the electrolysis chamber
revealed that the I and II blocks exhibited more pronounced degradation, whereas the
changes observed in the other blocks were less pronounced. This finding indicates that
the electrolytic treatment is effective in removing some small molecules of organic matter
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but less so in removing large molecules of organic matter, which suggests that it is not
an effective method for eliminating these organic impurities. However, analysis of the
three-dimensional fluorescence spectrogram of the effluent from the UV reactor revealed a
notable shift in the fluorescence peaks. It can be observed that the three organic compounds
tryptophan, fulvic acid, and humic acid, have undergone a complete degradation process,
while tyrosine has also been significantly altered. It can be postulated that the disparate
outcomes observed in block IV may be attributed to the preferential decomposition of
high-molecular-weight fluorescence-absorbing organics, which results in the generation
of lower-molecular-weight fluorescence-absorbing organics [32]. The preceding analysis
permits the observation of the transformation and decomposition processes of aromatic
compounds in water as well as the progressive degradation of macromolecular organics.
This is evidenced by a reduction in the number of conjugated bonds in the chain structure
and a shift from a linear to a nonlinear ring structure. This implies a reduction in the
complexity of the organic molecules and the removal of specific functional groups, such as
carbonyl and hydroxyl groups. It also reflects the chemical changes in the organic matter
during the treatment process, resulting in improved water quality [33,34]. The results
indicate that the advanced oxidation reaction in the UV reactor has a significant impact on
the degradation of organic matter. Following the treatment, the larger relative molecular
mass of fulvic acid and humic acid organics may be converted into small-molecule organics,
with a reduction in the aromaticity of the organic matter in the water.

- 200 g e
350 400 450 500 550 300 350 400 450 500 300 350 400 450 500

Em (nm) Em (nm) Em (nm)

Figure 8. Three-dimensional fluorescence spectra of (a) the raw water, (b) the effluent from the
electrolysis chamber, and (c) the effluent from the UV reactor for 40 h of unit operation; (d) the raw
water, (e) the effluent from the electrolysis chamber, and (f) the effluent from the UV reactor for 48 h
of unit operation.

Total bacterial counts, a key bioindicator, provide valuable insights into the quality of
water and the efficacy of organic matter degradation. As illustrated in Figure 9, the total
bacterial counts in the water samples of the raw water, the electrolysis chamber effluent,
and the UV reactor effluent changed at six time points following a 24 h incubation period.
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Firstly, a considerable number of colonies can be observed on the total-bacterial-count plates
derived from the raw water samples, which indicates the presence of a certain concentration
of bacteria in the water samples. The bacteria in question may have originated from a
variety of environmental contaminants, including soil, plant and animal debris, or other
water bodies. Following electrolysis treatment, the number of colonies was found to be
significantly reduced. This indicates that electrolysis has a significant killing effect on
bacteria. Following further treatment with a UV reactor, the number of colonies was found
to have decreased to zero. Ultraviolet light has the effect of destroying the DNA structure of
bacteria, rendering them incapable of reproduction. At the same time, H,O, produces the
strong oxidant -OH, which further kills the bacteria. The combined effect of this advanced
oxidizing reaction was the complete removal of the total number of bacteria. The trend of
total bacterial count fully proved the important role of electrolysis and UV reactor in water
quality improvement and organic matter degradation.

@) ) © @ ©

Figure 9. The bacterial colonies formed on the agar plates after incubation with the (I) raw water,
(IT) the effluent from the electrolysis chamber, and (III) the effluent from the UV reactor after (a) 8,
(b) 16, (c) 24, (d) 32, (e) 40, and (f) 48 h of continuous operation of the equipment, respectively. For
example, (IT) (a) shows a bacterial culture plate of the effluent from the electrolysis chamber following
8 h of equipment operation.

3.3. Energy Consumption Analysis

For any technology, energy is a crucial factor that must be taken into account when
evaluating its overall performance. In this paper, actual lake water samples were used as
the treatment object, and according to the calculation, the operating cost of the system was
24.8 kWh-m~3, of which the energy consumption of the raw water electrolysis chamber
was 0.8 kWh-m~3, that of the production of HyO, was 3.2 kWh-m~3, and that of the
ultraviolet lamp was 20.8 kWh-m 3. Some scholars have investigated the removal effect of
the UV /H,0O, process on a variety of single emerging organic pollutants in a simulated
drinking water environment. The results showed that the unit energy consumption of the
UV/H,0, process ranged from 0.17 to 2.38 kWh-m 2 under the condition of 90% removal
of the target [35]. The unit energy consumption of the UV /H,O, process was affected by
the operation scale and the water quality [36]: from laboratory research to production tests,
the unit energy consumption of the process decreased significantly with the expansion of
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the test scale, indicating that the expansion of the operation scale improved the energy
utilization efficiency. The impact of raw water quality on the process is mainly reflected
in the water transmittance and the content of free radical scavengers. The higher the
concentration of scavengers (e.g., inorganic anions) and the higher the UV absorption of
the raw water, the higher the unit energy consumption.

4. Conclusions

This study was undertaken to design an advanced oxidation process using electrogen-
erated HyO, and UV irradiation and to evaluate the long-term performance of lake water
treatment. The individual HyO; generation chamber exhibited stable and highly efficient
H,O, production throughout the operation period of 80 h, whereas H,O, alone could
not oxidize the organic pollutants in the lake water. With the catalysis of UV, the system
developed in this study showed significant mineralization capacity based on the results of
Ajsy, COD, TOC, and fluorescence. In addition, the reactor could effectively kill bacteria
and improve the microbiological safety of the water body. The proposed UV/H,0O, reactor
has the potential for efficient and feasible practical application in surface water treatment.
This provides a new and effective means of accessing clean water in areas where it is scarce.
However, more effort is needed to explore the performance of the proposed reactor for
treating source waters with varied quality and quantity to comprehensively evaluate the
applicability for different water requirements.
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Abstract: The photogeneration of reactive species from dissolved organic matter (DOM) plays
a crucial role in the photochemical and photobiochemical processes in natural aquatic systems.
However, the impact of the ultraviolet (UV) wavelength on the photogeneration of reactive species
by different sources of DOM remains unclear. In this study, UV light at four wavelengths (365 nm,
310 nm, 280 nm, and 260 nm) provided by UV-LEDs were irradiated onto three types of DOM: humic
acid (HA), fulvic acid (FA), and effluent organic matter (EfOM). Three reactive species produced by
DOM, including excited triplet-state DOM (CDOM?*), singlet oxygen (10,), and hydroxyl radicals
(eOH), were determined. UV345 proved to be the most efficient wavelength for generating 10,
and eOH, with formation rates of 3.47 x 107® M s~ ! and 1.67 x 1078 M s~1, respectively, with the
addition of FA and EfOM. The highest steady-state concentrations of all three reactive species were
also generated under UV3¢5, reaching 3.00 x 10713 M (DOM*) and 1.64 x 10~ M (10,) with the
FA addition, and 1.44 x 10719 M (eOH) with the EfOM. Across the different DOM sources, UV35
obtained the maximum quantum yields of reactive species, indicating the stronger effect of UV3¢5
on inducing the photosensitization of DOM compared to the other shorter wavelengths. This study
expands our understanding of the photochemistry of DOM in aquatic environments.

Keywords: dissolved organic matter; quantum yield; reactive species; steady-state concentration;
UV-LED irradiation

1. Introduction

Ultraviolet (UV) radiation has garnered significant attention due to its specific impact
on photochemical processes [1,2]. It has been proven to play a key role in remediating
contamination in aquatic systems [3]. UV radiation encompasses wavelengths ranging
from 100 to 400 nm and is further divided into four bands, namely, UVA (long-wave UV,
320~400 nm), UVB (middle-wave UV, 290~320 nm), UVC (short-wave UV, 200~290 nm),
and UVD (vacuum UV, 100~200 nm) [4]. Sunlight serves as the primary source of UV
radiation in the environment, with UVA making up approximately 95% of the sunlight
radiating to the ground and UVB making up the remaining 5%. Other radiations that are
considered harmful to life are largely filtered by the atmosphere [5].

UV irradiation can directly degrade certain classes of contaminants in an aqueous solu-
tion, such as iodinated trihalomethanes [6], ametryn [7], fluconazole [8], diclofenac [9], and
so on. In addition to direct photodegradation, another significant process in contaminant
degradation is the photosensitization that occurs in the presence of dissolved organic matter
(DOM). DOM is prevalent in natural aquatic environments and has strong absorption for
the sunlight spectrum. When exposed to light irradiation, DOM is excited to the singlet
state (\DOM?*) from the ground state (Sp), and the non-steady-state species are prone to
transformation through two pathways: (i) the release of energy via fluorescence emissions
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and a radiationless transition back to the Sy, and (ii) by undergoing intersystem crossings
through spin-orbital couplings to the excited triplet state *DOM?*) [10,11]. 3DOM* can
directly participate in contaminant remediation through energy or electron-transfer inter-
actions and induce the formation of singlet oxygen (10) and hydroxyl radicals (¢OH)
in the presence of oxygen [12]. «OH are well known for their high efficacy in attenuat-
ing a broad range of contaminants, while 'O, has also been confirmed to enhance the
degradation of certain contaminants and pathogenic microorganisms [13]. For instance,
the photodegradation of 17 a-ethinylestradiol was notably enhanced by the addition of
DOM, with the contributions of direct and photosensitization degradation identified as
27% and 73%, respectively [14]. The degradation of roxithromycin was also confirmed to be
promoted by DOM, with the photogeneration of hydroxyl radicals (¢OH) identified as the
major contributor to the photosensitization effect [15]. Understanding the photoreactivity
of DOM is essential for assessing the fate of organic contaminants in aquatic systems.

The photochemical behaviors of different types of DOM are known to be closely
correlated with their source and molecular characteristics [16]. Natural DOM, primarily
originating from allochthonous sources, is composed of humic acid (HA) and fulvic acid
(FA), with an apparent molecular weight ranging from 1.5 to 7 kDa. With the increasing
capacity of wastewater treatment, the discharge of effluent into the natural environment
is on the rise. In some waterways, effluent from wastewater treatment has become the
dominant component, which emphasizes the importance of understanding the photochem-
ical effects of effluent organic matter (EfOM) [12]. EfOM is primarily autochthonous and
mainly comprises soluble microbial products and macromolecules with a higher apparent
molecular weight exceeding 20 kDa [17]. In comparison to terrestrial-origin DOM, such as
HA and FA, EfOM generally exhibits fewer aromatic constituents, specific UV absorbance
at 254 nm, and higher apparent quantum yields of reactive species [18].

The photochemical behaviors of various types of DOM induced by UV irradiation have
been extensively reported. However, the impact of the UV wavelength on the efficiency of
reactive species photogeneration is still unrevealed. In previous investigations, mercury
lamps and xenon lamps were frequently utilized as illumination sources, which normally
provide broad emission spectra rather than single-wavelength emission spectra [16]. With
the advancement of light-emitting diode (LED) technology, UV-LEDs have emerged as
a promising alternative to traditional UV-light sources. They offer advantages such as
emissions at a single wavelength, higher energy efficiency, a longer lifespan, more constant
light intensity, and improved heating control [19].

In this work, four UV-LED lights with wavelengths of 365 nm (UVA), 310 nm (UVB),
280 nm (UVC), and 260 nm (UVC) were employed to investigate their impacts on the
generation of photochemically produced reactive intermediates. The photosensitization
effects of three DOM sources, namely, HA, FA, and EfOM, were compared across various
UV-LED wavelengths. The steady-state concentrations and quantum yields of the reactive
species (*DOM?*, 10,, and eOH) were systematically assessed. The results of this study
enhance our understanding of DOM photosensitization and reactive species generation
in natural water systems, and they can contribute to the development of UV-LED-based
photochemical water treatment technologies.

2. Materials and Methods
2.1. Photochemical Irradiation Experiment

Irradiation experiments were conducted in a customized quartz beaker featuring
a diameter of 3.85 cm, an empty volume of 50 mL, and a working volume of 40 mL,
as illustrated in Figure 1. The UV-LED light source (Yonglin Optoelectronics Co., Ltd.,
Shenzhen, China) was affixed to the outside of the bottom of the beaker, as described
in previous literature [20]. The photochemical reactor was placed on a magnetic stirrer
that provided a stirring speed of 400 rpm to achieve a homogeneous mixture. A hole
with a rubber stopper was made in the cover of the quartz lid to facilitate sampling with
disposable syringes. In the experimental setup, a DOM solution (5.0 mg C L~!) with
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a probe molecule at pH 7.0 was added into the reactor. Then, the solution underwent
irradiation using an LED light source, and aliquots of 0.5 mL were periodically withdrawn
at predetermined intervals from the reactor for analysis.

Quartz reactor
g

.

LED light source

Magnetic
stirrer

Power source

Figure 1. Schematic diagram of reactor configuration.

2.2. Materials

Wastewater effluent (EfOM) was obtained from a local wastewater treatment plant
in Wuhan, China. The EfOM sample was isolated by a solid-phase extraction process
using PPL cartridges (Agilent Technologies, Santa Clara, CA, USA), as previously reported.
Humic acid (HA) and fulvic acid (FA) were purchased from Henan Changsheng Chemical
Co., Ltd (Luohe, China) and Sigma-Aldrich (St. Louis, MO, USA), respectively, and
they were purified according to the method widely accepted by the International Humic
Substances Society (IHSS). All DOM samples were stored in the dark and kept at 4.0 °C
before the experiments.

Molecule probes, including 2,4,6-trimethylphenol (TMP) (99%), Furfuryl alcohol
(FFA) (99%), and Terephthalic acid (TPA) (99%), were all purchased from Sigma-Aldrich
(St. Louis, MO, USA). Mobile phases, including acetonitrile and methanol, were liquid-
chromatographic-grade. Others were analytical-reagent-grade. Deionized water was used
in all experiments.

2.3. UV-LED Intensity Determination

The intensities of the four UV-LED light sources were determined before the photo-
chemical reaction experiment. The light intensities of the UV-LEDs with wavelengths of
260 nm, 280 nm, and 310 nm were measured using iodide/iodate chemical actinometry [21].
The 365 nm UV-LED intensity was estimated by potassium ferrioxalate actinometry [22].
The light intensities and corresponding irradiances of the UV-LED light sources under
different wavelengths are presented in Table 1.

Table 1. Light intensities and irradiances of UV-LEDs under different wavelengths.

Wavelength (nm) Light Intensity (mW ecm~2)  Light Irradiance (Einstein L-1s-1)
260 0.93 5.87 x 1077
280 3.16 2.15 x 10~
310 5.49 414 x 107©
365 1.18 1.05 x 10°©

2.4. Detection of Reactive Species

TMP, FFA, and TPA were commissioned as molecular probes for the 3DOM*, 10,,
and eOH, respectively. These compounds were chosen because their direct degradation
processes were inactive, and their molar absorption coefficients and quantum yields were
found to be negligible. The quantification of the TMP, FFA, and photoproduct of TPA
(HTPA) was carried out using high-performance liquid chromatography (Essentia LC-15C,
Shimadzu, Kyoto, Japan) equipped with a UV-vis detector (Essentia SPD-15C) and an HC-
C18 column (5 um, 250 mm x 4.6 mm, Agilent, USA). TMP was determined at a detection
wavelength of 280 nm, utilizing acetonitrile, water, and phosphoric acid (v:v:v = 70:30:0.1)
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as the mobile phases with a flow rate of 1.0 mL min~!; FFA was determined at 220 nm
with a mobile phase of methanol and water (v:v = 35:65) under a flow rate of 1.0 mL min~!;
HTPA was detected at 315 nm using acetonitrile and water (v:v = 33:67) with a flow rate of
0.8 mL min~1.

In the determination of the 3DOM?*, the solutions were sparged with N, to eliminate
the dissolved oxygen during the entire reaction period. For the measurements of both
the 3DOM* and 'O,, methanol (0.1 M) was introduced to quench the photogeneration of
the eOH. The degradation rate constants of the TMP (kry1p) and FFA (krra), as well as the
formation rate constant of the HTPA (kyytpa), were obtained by fitting the data based on
pseudo-first-order kinetics.

In this study, the value of the formation rate of the >DOM* (Rsppy,+) is approxi-
mately equal to the initial transformation rate of the TMP (R ,,p) because the scavenging
rate of the TMP was much greater than the physical quenching constant of the 3DOM?*.
The Rsp)+ and the steady-state concentration of the >DOM* can be calculated with the

following equations:

TMP + 3DOM* — photoproduct 1)
d[TMP "
% = —krwmpspom: [TMP][PDOM |5 )
Rspopm = Rrmp = kravp[TMP], ®3)

where [P DOM*] is the steady-state concentration of the 3SDOM*, M; [TMP] is the concen-
tration of TMP, M; [TMP]y is the initial concentration of TMP, 500 uM; k1psp s popss 1S the
reaction rate constant, 3.0 x 10° M1 s~1 [23,24].

The steady-state concentration of 'O, and the formation rate of 'O, (Rloz) was quan-
tified by the concentration variation in the FFA according to the following equations:

FFA + 10, — photoproduct 4)
d|FFA
% = _kFFA,lo2 [FFA] [loz]ss ®)
Ry,

krra = kppaio, Kreato [FFAT 1 Fig, (6)
where [1O,]ss is the steady-state concentration of 10,, M; [FFA] is the concentration of FFA,
M; [FFA] is the initial concentration of FFA, 50 uM; k- A10, is the reaction rate constant,
8.3 x 107 M~1s71[25,26]; kloz is the physical quenching rate of 10,,2.5 x 10° M~ s~ 1[10].

The steady-state concentration of the e¢OH and the formation rate of the ¢OH (Rqop)
were quantified by the detection of the HTPA (fluorescent), which is the single-hydroxylation
product of TPA (non-fluorescent) [27], according to the following equations:

TPA + ¢OH — HTPA @)

d[HTPA]
dt

where [6OH];; is the steady-state concentration of ¢OH, M; [HTPA] and [TPA] are the concen-
trations of HTPA and TPA, M; k1pa .op is the reaction rate constant, 3.3 x 10° M1 s71[26,28].

=0.35 x kTPA,-OH [TPA] [OOH]SS =0.35 % ROOH (8)

2.5. Quantum Yield Calculation
The quantum yields of the 3DOM*, 105, and eOH were calculated as follows:

_ R;
1= Ip(1 — 10¢abe) ©)
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where R; is the formation rate of the 3DOM*, 10,, and eOH in the DOM solutions, M-s~1;
Iy is the incident light intensity obtained by the actinometers, Einstein L 1lgleg A is the
absorption coefficient of the DOM at a specific wavelength, L mg~! cm~!; b is the path
length, cm; ¢ is the concentration of the DOM, mg L1

3. Results and Discussion
3.1. DOM Characteristics

The absorption spectra of the FA, HA, and EfOM utilized in this study exhibited broad
and unstructured profiles, displaying an expected near-exponential decrease with the
increasing wavelength in the ultraviolet and visible wavelengths (Figure 2). The absorption
coefficients of the FA, HA, and EfOM were determined at wavelengths of 260 nm, 280 nm,
310 nm, and 365 nm and are summarized in Table 2. Among the three types of DOM,
the FA displayed the highest absorption, followed by the HA, while the EfOM presented
the lowest absorption. Based on the absorption spectra, the E2/E3 ratios (the ratio of
absorbance at 254 nm and 365 nm), which are believed to be negatively correlated with
the humification, aromaticity degree, and molecular weight of the DOM [29], were 2.3, 2.5,
and 4.2 for the HA, FA, and EfOM, respectively. The evident differences in the UV-vis
absorption spectra among the three DOM samples highlighted significant variations in
their structures and compositions, which strongly influence their photochemistry.

3.0

2.5

2.0

1.5

Absorbance

1.0

0.5

200 300 400 500 600 700
Wavelength (nm)

Figure 2. UV-vis absorption spectra of HA, FA, and EfOM ([DOM] = 10 mg C L', pH = 7.0).

Table 2. Absorption coefficients of DOM samples at different wavelengths.

Absorption Coefficient (¢, L mg~1 cm~1)

DOM

365 nm 310 nm 280 nm 260 nm

FA 0.0542 0.0902 0.1086 0.1215
HA 0.0285 0.0488 0.0620 0.0698
EfOM 0.0028 0.0063 0.0090 0.0110

3.2. Reactive Species Formation under UV-LED Irradiation

The reactivities of the reactive species with the probe molecules under various wave-
lengths of UV-LED irradiation are depicted in Figure 3. In the case of the TMP, the molecule
probe for the SDOM?, a linear degradation pattern was observed, with the slopes of UV-
LEDj345 noticeably higher than those of the other irradiation wavelengths when HA and
FA were added. UV-LED,g) demonstrated a comparable effect to UV-LED345 in the EfOM
group. Concerning the FFA, the molecule probe for the 10,, UV-LEDs¢5 exhibited the
highest degradation effect in all the DOM conditions, indicating the most efficient 1O,
formation compared to the other wavelengths. The rate of HTPA (the molecule probe for
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oOH) formation was higher with the HA and FA additions under UV-LEDyg); however,
UV-LED345 appeared to be more efficient with the EfOM addition.

HA FA EfOM
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Figure 3. Reactivities of SDOM* ((A) *HA*; (D) 3FA*; (G) 3EfOM*), 1O, (B,E,H), and ¢OH (C,F,I) with
probe molecules as a function of time under various wavelengths of UV-LED irradiation. (A,D,G)
TMP, 500 uM; (B,E,H) FFA, 50 uM; and (C,F,I) TPA, 1 mM ([DOM] =5 mg C L1 pH=7.).

The formation of reactive species was significantly influenced by the variation in
the DOM type, as detailed in Table 3. The HA and FA exhibited similar >DOM?* reaction
rates under all irradiation conditions, with the highest kTyp values recorded at 0.0536 and
0.0541 min~!, respectively, under UV-LEDj35. The corresponding formation rates (Rs o)
were 4.62 x 1077 and 4.66 x 1077 M s~ 1, respectively. For the EfOM, UV-LED3¢5 and
UV-LEDyg provided similar kyp values of 0.0232 and 0.0209 min~!, with R; pom+ values

of 2.00 x 1077 and 1.80 x 107 M s, respectively.

Table 3. Reaction rate constants (k) for probe molecules and formation rates (R) of reactive species at
various UV-LED light wavelengths.

Wavelength ktmp . _q kutpa Ripom Rip ReoH
bom (nm) (min-1)  FEAMINTD i) @07 Ms-) 10 7Ms ) (1010 Ms-1)
365 0.0536 0.0244 0.0118 4.62 9.52 5.48
HA 310 0.0011 0.0004 0.0022 0.09 0.17 1.10
280 0.0252 0.0018 0.0381 217 0.77 17.10
260 0.0019 0.0003 0.0031 0.16 0.13 1.57
365 0.0541 0.0817 0.0068 4.66 34.72 1.10
FA 310 0.0016 0.0015 0.0006 0.14 0.64 0.10
280 0.0125 0.0053 0.0180 1.08 2.25 3.00
260 0.0016 0.0010 0.0024 0.14 0.43 0.40
365 0.0232 0.0205 0.9997 2.00 8.71 166.60
EFOM 310 0.0010 0.0002 0.0138 0.09 0.09 2.30
280 0.0209 0.0021 0.0934 1.80 0.89 15.60
260 0.0020 0.0005 0.0059 0.17 0.21 0.90
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The peak reaction rates of the FFA appeared at 365 nm, irrespective of the DOM
type, surpassing those at the other wavelengths by at least one order of magnitude. The
highest kppa was 0.0817 min~! by the FA, being 2.3- and 3.0-fold higher than those by
the HA and EfOM, respectively. Correspondingly, the maximum formation rate of 'O,
(R1O2) was 34.72 x 1077 M s~! with the FA addition, and it was considerably lower

in the HA and EfOM, recorded at 9.52 and 8.71 x 107 M s~ ! under UV-LED3¢5. The
krrpa in the EfOM group was noticeably higher than in the HA and FA groups, reaching
0.9997 min~! at the wavelength of 365 nm, corresponding to a €OH (R,op;) formation rate
of 166.60 x 1071 M s~1, two orders of magnitude higher than in the HA and FA. These
results indicate that the EfOM, particularly under the irradiation of 365 nm, was much
more efficient at ¢OH formation.

3.3. Steady-State Concentration of Reactive Species

The steady-state concentration of reactive species is a key parameter for investigating
photochemical processes and their environmental impacts. The steady-state concentrations
of the >DOM?*, 10,, and eOH are summarized in Figure 4. SDOM?* is an important source
of reactive oxygen species and can transform into 'O, and eOH upon UV irradiation.
In the group with the HA addition, the steady-state concentrations of the SHA* were
10.6 x 10715 M, 140.0 x 10~ ° M, 6.1 x 1071° M, and 297.8 x 10715 M, respectively, under
irradiations of 260 nm, 280 nm, 310 nm, and 365 nm UV-LEDs (see Figure 4A). This
indicates that UV-LED,gp and UV-LEDs345 were more efficient at the photosensitization of
SHA* generation, with the [PHA*]ss of UV-LED3¢5 being about 1.1-fold higher than that
of UV-LED»gp. UV-LED345 was beneficial for the photogeneration of 10, and yielded an
[1Os]ss of 4.9 x 10712 M, which was about 60, 13, and 80 times higher than that under
UV-LED,49, UV-LED,g9, and UV-LED3y, respectively. In contrast to the SHA* and '0,, the
peak [éOH]s of 51.8 x 10~17 M was recorded under UV-LED,g irradiation, and it was
2.2-fold higher than that under 365 nm.
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Figure 4. Steady—state concentrations of 3DOM*, 1O,, and eOH at HA (A), FA (B), and EfOM (C),
adding conditions at varying wavelengths of 260 nm, 280 nm, 310 nm, and 365 nm.

For the FA, the influences of the UV-LED wavelength on the photogeneration of
10, and 3FA* were quite similar (Figure 4B). The maximum [3FA*]ss of 300.6 x 10~ 15
M and ['O;]ss of 16.41 x 10712 M were observed under UV-LED545, which were about
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2.3-fold and 15-fold higher those of UV-LED5g. Irradiations of UV-LED319 and UV-LED»g4
were inefficient, with steady-state concentrations two orders of magnitude lower. UV-
LEDygg was the most efficient for ¢OH generation, demonstrating a [6OH]ss of 26.0 x
10~ M, followed by UV-LEDsg5 (9.8 x 10717 M) and UV-LEDyg (3.5 x 10717 M). The
photosensitization for ¢OH formation was inferior under UV-LED3, irradiation.

In the experiment with the EfOM addition (Figure 4C), UV-LED345 appears to be the
most efficient for reactive species generation compared to UV-LEDs339, UV-LEDygg, and UV-
LEDygp. The highest steady-state concentrations of [PEfOM*]ss, [1Os]ss, and [#OH]gs were
128.9 x 10715 M, 41.2 x 10713 M, and 1.4 x 10~'* M, respectively. UV-LED,g, exhibited a
similar performance in 3EfOM* photogeneration to that of UV-LEDjs45, with a [PEfOM*]g
of 116.1 x 107> M. Similarly, the photosensitizations of UV-LED319 and UV-LEDy4) were
relatively weak, and the production of reactive species was remarkably low.

Among all the reactive species, !0, emerged as the predominant species under various
wavelength conditions, with the [1Os]ss consistently surpassing both the 3DOM* and
[¢OHJss, fluctuating within a wide range. Typically, the steady-state concentration of 10,
in natural aquatic environments is reported to be from around 107 % to 10 M L1 [30].
However, in this study, the maximum [1O,]ss reached 4.1 x 1071 M L~ in the presence
of the FA addition under UV345, indicating a substantial formation of 10, through the
photosensitization of FA induced by UV3¢5. In addition to 10,, eOH also play a critical
role in the degradation of pollutants and other processes in natural waters. As previous
reported, the steady-state concentration of «OH in natural water is typically from around
10718 t0 1071 M L~ [31]. The maximum [eOH] in this study obtained with the addition
of EfOM under UV345 was notably higher, reaching a value of 3.6 x 10713 M L~1. With
such a considerable level of eOH, the system with the EfOM addition under UV345 would
be highly beneficial for the removal of organic pollutants.

In general, the steady-state concentrations of the 3DOM*, 10,, and eOH were remark-
ably influenced by the types of DOM. Higher [P’DOM*] s values were obtained in the HA
and FA addition groups, and the [10;,]ss was most pronounced in the presence of FA, while
EfOM was found to be most beneficial for «OH generation. The UV-LED wavelengths
exhibited a consistent impact on the varying trends of the reactive species concentrations
across all the DOM addition conditions. Among these, UV-LED3¢; demonstrated the
most pronounced benefits for reactive species generation, followed by UV-LED»gy, which
was generally from one to two orders of magnitude higher than those observed under
UV—LED310 and UV—LED260.

3.4. Quantum Yields

Quantum yields of reactive species serve as crucial indicators to unveil the formation
efficiency and dynamics of reactive species, offering a comprehensive insight into the
photochemical behaviors of different types of DOM. The quantum yields were estimated
using the reactive species formation rates (refer to Table 3), irradiation intensities (see
Table 1), and absorption coefficients (see Table 2), as shown in Table 4.

Table 4. Quantum yields of 3DOM*, 1O,, and eOH at various UV-LED wavelengths ([DOM] =
5mgC L1, pH=7.0).

HA FA EfOM
Wavelength

(nm)g Piya @i, PeoH Pipp” P10, PeoH Psptom® @10, Peon

(x10-2)  (x1072)  (X107%)  (x102)  (x107%)  (X107%)  (x102)  (x107%)  (x107%)
365 65.2 134.5 7.7 50.4 375.5 1.2 180.0 785.2 15014
310 0.3 0.5 0.3 0.3 1.6 0.02 0.9 0.9 2.5
280 11.0 3.9 8.7 5.1 10.6 14 27.8 13.8 24.1
260 29 2.3 2.8 2.4 7.3 0.7 8.3 10.2 4.3
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The quantum yields of reactive species were significantly influenced by the DOM
types. Specifically, the EfOM exhibited higher quantum yields than the other DOM samples
across various reactive species. It was efficient in DOM?* formation, with the ®sp o
2.5-5.5 times higher compared to those of the HA and FA. The trends closely mirrored
those of the @)+, and the & o, of the EfOM surpassed those of the HA and FA, except
under UV3q9. Notably, the @,op of the EfOM exceeded those of the other DOM samples,
with a maximum increase of 1251 times (compared to FA under 365 nm).

Previous reports have indicated higher triplet-state photo quantum yields for EfOM
than the reference natural organic matter [32]. Another study observed higher quantum
yields of 3DOM*, 10O,, and eOH formation under simulated sunlight irradiation for EfOM
compared to HA and FA [10], which is consistent with this study’s findings. According to
prior literature [16,33], the quantum yield of reactive species is positively correlated with
the E2/E3 of the DOM. The higher E2/E3 ratio of EfOM (4.2) compared with those of HA
(2.3) and FA (2.5) explains its outstanding performance in reactive species production.

In addition to DOM, the wavelength notably impacts the quantum yield of each
reactive species. UV-LED345 exhibited the maximum @3+ across all the DOM samples,
being 5.9-9.8 times higher than that of UV-LED,g), and remarkably higher than those
under 260 nm and 310 nm. This indicates that the DOM samples effectively absorbed
incident photons and were excited to >DOM* under 365 nm UV irradiation. The Pip,
for all the DOM samples exhibited consistent patterns under different wavelengths, with
34.5-56.8 times higher values than UV-LED,g), and two orders of magnitude higher values
than the other wavelengths. DOM is a major source of eOH in natural water systems, and
eOH generation is related to the ®DOM* oxidation process. In this study, the @0y was
two orders of magnitude lower than the &30+ and Do, With the addition of HA and
FA, the ®,py was similar under 365 nm and 280 nm irradiation and obviously higher than
at 310 nm and 260 nm. In the EfOM addition group, UV-LED3¢5 substantially enhanced the
D,0H, being 62 times that under 280 nm. Given eOH’s strong oxidizability, the high-level
photosensitization of EfOM at UV-LEDs3¢5 will be favorable for the photodegradation of
organic contaminants.

The quantum yields of reactive species are influenced by both the formation rates and
light intensities. With higher formation rates and a relatively low light intensity (slightly
higher than 310 nm but lower than 260 nm and 280 nm), UV345 achieved the maximum
quantum yields of all the reactive species across the different sources of DOM. This suggests
that UV-LED3¢5 is more effective at inducing the photosensitization of DOM compared to
other shorter wavelengths in the UVB and UVC bands. In water photocatalytic treatment
using UV-LEDs, UVC light is typically chosen and believed to facilitate photocatalytic
degradation more easily due to its higher energy. However, the results of this study present
an alternative perspective. Specifically, the findings of the efficient generation of 'O, and
oOH under UV3g45 with the EfOM addition provides a new technical option based on
UV-LED for treating micro-polluted water containing EfOM.

4. Conclusions

In the current study, the impact of the UV-LED wavelength on the reactive species
formation from various types of DOM was investigated. The different DOM samples
exhibited diverse preferences in reactive species generation: FA was found to be beneficial
for the 'O, and >DOM* formation, while EfOM facilitated the #OH generation. Among
all the wavelengths, UV345 displayed the highest steady-state concentrations of reactive
species, with 3.00 x 10713 M [’DOM*]ss and 1.64 x 10711 M ['O,]ss by the FA addition,
and 1.44 x 10710 M [eOH]ss by the EfOM. Moreover, the quantum yields of UV3¢5 for all
the reactive species were remarkably higher than those of the other wavelengths across all
the DOM samples. This result not only broadens our understanding of the photochemistry
of DOM in natural water systems, but it also provides guidance for the development of
UV-LED-based water treatment technology.
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Abstract: The safe disposal and resource utilization of Fenton sludge (FS) are challenges due to the
presence of heavy metals (HMs). Co-pyrolysis with biomass waste can effectively increase biochar
quality and immobilize HMs, but research focusing on heavy metal stabilization from Fenton sludge
using the co-pyrolysis approach is scattered. In this study, the co-pyrolysis of FS and pomelo peel
(PP) was developed as a strategy to reduce the environmental risk of HMs. The results showed
that co-pyrolysis greatly increased the pH and aromaticity of biochars, and the maximum specific
surface area was 6.5 times higher than the corresponding FS-based biochar due to the sponge-like
structure of PP, which was likely conducive to adsorbing HMs during pyrolysis. Meanwhile, the
addition of PP promoted the enrichment of HMs in co-pyrolyzed biochars as well as induced the
transformation of bio-available HM fractions to stable forms, especially at high temperatures. Finally,
the presence of PP led to the decline in HM leachability in biochars; thus, the potential ecological
risks of HMs decreased from considerable pollution levels to moderate and even clean levels. This
study demonstrated that co-pyrolysis with PP is a promising approach to reduce the toxicity of HMs
and improve the functionality of biochar for industrial sludge management.

Keywords: Fenton sludge; co-pyrolysis; biochar; heavy metals; ecological risk

1. Introduction

The Fenton oxidation process has been widely applied in industrial wastewater treat-
ment for the efficient degradation of refractory organics [1]. However, a large amount of
Fenton sludge (FS) is inevitably produced from the neutralization step of acidic effluent,
which contains high contents of ferric iron, organic contaminants, sediment impurities, and
heavy metals (HMs). Among the above-mentioned contaminants, HMs (Pb, Zn, Cu, Cr,
etc.) pose a significant threat to ecosystems and humans due to their non-biodegradability
and strong biological toxicity [2]. Therefore, it is necessary to develop a proper sludge
management strategy to eliminate or alleviate potential environmental pollution caused
via HMs in FS.

In the past decade, pyrolysis has been proven as an alternative technology for sludge
disposal, in which a reduction in sludge volume, heavy metal passivation, and resource
recovery (e.g., biofuels and biochar) can be achieved simultaneously [3]. It has been well
documented that biochar, the main product derived from the partial combustion of biomass
waste, exhibits a great potential for application in pollutant removal or soil amendment [4].
Moreover, biochar is a negative carbon emission material that can facilitate achieving
carbon neutrality in sludge reutilization systems. Thus, numerous researchers have focused
on the optimization of pyrolysis conditions [5,6] and modification strategies of biochar [7]
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as well as its emerging applications [8]. However, most HMs are concentrated in the biochar
matrix after pyrolysis, which may result in the potential risk of HM leaching if the sludge-
derived biochar is applied to soil and water environments. Although some studies have
shown that pyrolysis contributes to the transformation of HMs from a bioavailable state
into stable oxidizable and residual fractions, the immobilization of HMs largely depends on
the pyrolysis temperature, species of HMs, and sludge properties. For example, a pyrolysis
temperature above 600 °C is commonly necessary to improve the conversion of Mn, Cu,
and Zn in sewage-sludge-based char to more stable fractions [9], while in another case,
Udayanga et al. reported that Cd, Pb, and Hg in industrial sludge readily migrate at such
high temperatures [10]. In addition, the characteristics of sludge (especially industrial
sludge) with high ash content and low calorific value may cause more energy consumption
and poor pyrolysis performance [11]. Therefore, in order to overcome these limitations, a
more efficient method to immobilize HMs is urgently needed.

Recently, the co-pyrolysis of sludge with biomass waste has gained increasing atten-
tion from researchers due to its multiple benefits, including the improvement in biochar
properties, the stabilization of HMs, and the reduction in energy consumption, which can
be achieved simultaneously [12]. In the context of “treating the waste with the waste”,
various types of biomass, such as rice straw, sawdust, vegetable waste, and microalgae
have been co-pyrolyzed with sludge [12-14], which has provided the potential to modify
the properties of biochar as well as reduce the leaching toxicity of HMs. For instance,
Dong et al. found that the co-pyrolysis of sewage sludge and rice straw exhibited great
benefits for fabricating hierarchical porous structures, improving high ash content, and
immobilizing heavy metals in char samples [15]. However, previous studies have mostly
focused on organic-dominated sludge from municipal wastewater treatment plants; in-
depth and comprehensive investigations on the co-pyrolysis of industrial sludge (such as
FS) and biomass waste are still scattered. In addition, more attention should be paid to the
leaching toxicity and underlying environmental risks of HMs in sludge-derived biochar.

Pomelo (Citrus grandis) is one of the most widely consumed fruits around the world,
resulting in a large amount of pomelo peel (PP) being discarded as biomass waste. Many
researchers have demonstrated that PP is a promising ingredient for the preparation of
engineered carbonaceous materials due to its polymeric network structure with cellulose
microfibril, hemicellulose, and lignin, which provides large specific surface areas and
abundant functional groups after thermal conversion. To date, several PP-based carbon
materials have been developed and applied in the adsorption of HMs, catalytic degradation
and solar evaporation [16-18]. These studies inspired us to investigate whether the co-
pyrolysis of FS and PP may synergistically enhance the stabilization of HMs in biochars.
However, until now, the feasibility of the co-pyrolysis of pomelo peel and sludge with high
concentrations of HM has not been studied.

In this study, for the first time, HMs, including Pb, Zn, Cr, and Cu, are immobilized in
a biochar matrix via conducting the co-pyrolysis of pomelo peel and Fenton sludge. The
main objectives of this work are to (1) explore the effect of PP addition on the characteristics
of biochar and heavy metal immobilization during co-pyrolysis and (2) evaluate the single
and multiple environmental risks of HMs in the biochars. This work aimed to provide a
new solution to stabilize HMs in industrial sludge.

2. Materials and Methods
2.1. Feedstocks and Chemicals

Raw FS was collected from the Fenton oxidation process of an electroplating wastewa-
ter treatment plant in Wuxi, China. The fresh pomelo peel was obtained from a local fruit
shop around the campus. All the feedstocks were oven dried at 105 °C for 24 h, ground
finely, screened through 100 mesh and then stored in a desiccator for further use. The main
properties of FS and pomelo peel are listed in Table 1.
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All the chemicals used in this study, including CH3;COOH, NaOH, NH,OH-HCI,
HNOs;, H,O,, NH4Ac, HCl and HF were analytical grade and purchased from Shanghai
Macklin Biochemical Co., Ltd., Shanghai, China.

Table 1. The main properties of FS and pomelo peel.

Parameter FS Pomelo Peel
pH 52+0.1 6.9 +0.1
Total organic matter (TOC) (%) 4.58 + 047 92.1 £1.05
Cu (mg/kg) 818 +21 ND?
Zn (mg/kg) 16,380 + 231 ND
Cr (mg/kg) 128 + 17 ND
Pb (mg/kg) 483 +24 ND

Note: @ ND, Not detected.

2.2. Co-Pyrolysis of FS and PP

Co-pyrolysis experiments were conducted in a tubular furnace (OTF-1200X, Hefei
Kejing Material Technology Co., Ltd., Hefei, China) as shown in Figure S1. Firstly, the
pretreated FS and PP were thoroughly mixed in the agitator as the mass ratio of 1:1 based
on the previous publication [19]. Then, 30.0 g of the mixed feedstock was loaded into the
quartz tube and heated at different pyrolysis temperatures (300, 400, 500 and 600 °C) for
2 h. The heating rate for all the experimental groups was set invariably as 10 °C/min.
During the entire pyrolysis and cooling stages, the high-pure nitrogen gas was flushed with
the constant flow rate of 100 mL/min to ensure oxygen-free atmosphere. The pyrolysis
products were taken out and stored after natural cooling to ambient temperature. The as-
prepared samples from different temperatures were labeled as SPC300, SPC400, SPC500 and
SPC600, respectively. Meanwhile, the pyrolysis of sole FS was conducted as the control test,
and the procedure was same as mentioned above. The biochar samples derived from sole FS
were labeled as FSC300, FSC400, FSC500 and FSC600, respectively. The specific surface area
was examined using N, adsorption-desorption isotherm measurements equipped with
an automatic specific surface analyzer (ASAP2020, Micromeritics Instruments Co., Ltd.,
Norcross, GA, USA). The surface functional groups of biochars were characterized using
Fourier transform infrared (FTIR) spectroscopy (Nicolet iS50R, Thermo Fisher Scientific Inc.,
Waltham, USA). The thermogravimetric analysis was conducted using a thermogravimetric
analyzer (TGA/SDTA851e MET, Shanghai Mettler Toledo Scientific Co., Ltd., Shanghai,
China), following the procedure previously described [14].

2.3. Heavy Metals Analysis
2.3.1. Sequential Extraction of Heavy Metals

A modified European Communities Bureau of Reference (BCR) sequential extraction
method was used to investigate the speciation of HMs in biochars, by which HMs can
be classified into four fractions, namely the acid-soluble or exchangeable fraction (F1),
reducible fraction (F2, bound to iron-manganese oxide), oxidizable fraction (F3, bound
to organic matter and sulfide) and residual fraction (F4, primary minerals and secondary
silicate lattice metals) [20]. Normally, the mobility and bio-toxicity of HMs decrease with
the sequential extraction, and the order is as follows: F1 > F2 > F3 > F4. The extraction
steps are provided in Table S1.

2.3.2. Leaching Experiment

The toxic characteristic leaching procedure (TCLP) recommended by the U.S. EPA was
implemented to assess the leachability and ecological risk of HMs in biochar [21]. Briefly,
0.5 g of biochar was extracted by the prepared glacial acetic acid solution (pH 2.88) with the
liquid-to-solid ratio of 20:1. The mixture was placed in a shaker (120 rpm) at a mesophilic
temperature of 25 °C for 18 h. The extracted samples were centrifuged at 5000 rpm for
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15 min, and the supernatant was filtered through a 0.22 um PFS membrane filter prior
to analysis [22].

2.3.3. Determination of Heavy Metals

The total HMs content in the samples were determined by a microwave-assisted diges-
tion method according to the previous study [23]. Briefly, 0.200 g of sample was dissolved
in the mixture of nitric acid, hydrochloric acid and hydrofluoric acid (HNO3:HCI:HF = 6:2:1,
v/v/v) and digested in a microwave digester (GH08Z-Z, Shanghai Metash Instruments,
Shanghai, China). The detailed procedures are shown in Table S2. The total concentra-
tions of Pb, Zn and Cr in digestion solution were determined by an inductively coupled
plasma optical emission spectrometry (ICP-OES) instrument (OPTIMA 8300DV, Perkin
Elmer Instrument Co., Ltd., Waltham, MA, USA).

2.4. Ecological Risk Assessment

The risk assessment code (RAC) and Nemerow pollution index (NPI) were applied
to evaluate the potential environmental risk of biochar samples in this study. RAC is
expressed by the proportion of F1 fraction, which represents the availability of single
HM [24]. According to the RAC value, the environmental risk can be classified five levels:
RAC < 1% indicates “no risk”, 1% < RAC < 10% means “low risk”, 10% < RAC < 30%
indicated “medium risk”, 30% < RAC < 50% indicates “high risk” and RAC < 50% means
“medium risk”.

The NPI Is one of the most widely used pollution indexes to evaluate the pollution
and potential ecological risk caused by multi-contamination factors. In this study, the NPI
was carried out to comprehensively assess the bioavailability and harmfulness of various
heavy metals and the formula were shown as follows:

P;=F/S; 1)

Py =/ (FZZ + Pl?mx) /2 @
5 _ LD

P = == ®3)

where P; is the single pollution index of HMs in samples, F; is the extractable concentration
of HMs by the TCLP method, S; is soil permissible limits based on the Soil Environmental
Quality Standards for the developed area, in which the contents of Pb, Zn, Cr and Cu are 400,
2000, 30 and 2000 mg/kg, respectively [25]. Py is the Nemerow integrated pollution index,
P; is the average value of the single pollution index of HMs, and P, is the maximum
value of the single pollution index of HMs.

3. Results and Discussion
3.1. Properties of Sludge and Biochars
3.1.1. General Properties

The properties of biochars are strongly dependent on the elemental compositions
and contents of feedstocks as well as pyrolysis conditions [26]. Thus, the properties of the
feedstocks and their biochars are shown in Table 2. Both C and H contents of FS were less
than 5%, indicating that the main components in the FS were inorganic elements (e.g., Fe,
Zn, Cu and other HMs). On the contrary, the organic matter was the dominant component
in the PP. These results were in accordance with the thermogravimetric study presented
in Figure 1, in which the weight loss rate of FS reached 25%, whereas almost 80% of PP
decomposed when the pyrolysis temperature increased to 600 °C.

As shown in Table 2, both the high temperature and co-pyrolysis with PP reduced the
yields of biochar. For example, there was a slight decline in the biochar yield from 83.36%
to 74.32% at 300 to 600 °C, indicating the high ash contents in FS. Moreover, the yields
of blended biochars (47.32-71.83%) were much lower than the biochars derived from FS
alone under the same pyrolysis conditions, which can be interpreted by the high organics
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content in PP. During pyrolysis, the main organic compounds in PP such as hemicellulose,
cellulose, lignin and aliphatic compounds readily decomposed via the demethylation,
demethoxylation and decarboxylation reactions [27].

Table 2. Yield, pH and ultimate analysis of feedstocks and biochars.

Sample  Yield (%) pH C (%) H (%) H/C  SSA (m%g)
FS / 5.25 + 0.05 437 1.66 4.56 /
PP / 6.95 + 0.05 58.34 13.67 2.81 /

FSC300  8336+415 5294008 2294012 084+003 440 215

FSC400  82.18+318 5274004 1794018 063+£005 422 3.18

FSC500  79.46+287  528+007  177+007 0624008 420 3.74

FSC600 7432 +443 5804013 1674009 0534002 3.8 417

SPC300  71.83+279 7284006 4067 +0.16 2524010 075 18.54

SPC400  60.31 +4.63 8594004 3714+014 3074008 074 2292

SPC500 52434398  981+£011 34524010 1734006 0.60 27.25

SPC600  47.32 4353 10924008 31.03+008 1144002 044 31.26

~

a) - g gi CHy gig-si (b) O-H C-H

a0
L[|

el
~

Il
A

FSC600 i
L T ——
FSC500 i /\
FSC400 ! \\(
Y FSC300 '

SPC600

SPC500

Transmittance (%)
=2

!
Fs i SPC40
i

)
_
Transmittance (%)
NN
A

; /\ Nf\
; A | —~_— 7 sPcand ]
4000 3500 3000 2500 2000 1500 1000 SO0 4009 3500 3000 2500 2000 1300 1000 500
Wavenumble (cm™) Wavenumble (cm™
(© (d) em™)
100 4 0.1
0.0

80 -
. o -0.14
S s
< 60 3
- =
= < 0.2
20 @)
2 =
2 40 B o

20 4 044

0 : . r . r -0.5 r : r y r

100 200 300 400 500 600 100 200 300 400 500 600
Temperature (°C) Temperature (°C)

Figure 1. FTIR spectra of FS, FSC (a) and SPC (b) with different pyrolysis temperatures. TG (c) and
DTG (d) curves of FS, SP and PP.

3.1.2. Elemental Analysis and Specific Surface Area

The elemental analysis of feedstocks and biochars clearly demonstrated that both C
and H contents decreased with increasing pyrolysis temperature owing to the rapid decom-
position of organic substances. Meanwhile, the H/C molar ratio was used to characterize
the organic aromaticity degree of biochars: the H/C ratio <0.3 indicated highly condensed
aromatic ring structures, whereas H/C >0.7 suggested a low condensed structures [20]. As
shown in Table 2, the H/C ratios of FSC (3.80-4.40) were much higher than 0.7, showing an
obvious non-condensed structure in FSC [28]. On the contrary, the molar H/C ratio of SPC
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decreased significantly to 0.44-0.75 with the increase in temperature, which represented
the increment of aromaticity in SPC. The pH of FSC increased slightly from 300 to 600 °C,
which is attributed to the thermal decomposition of acidic functional groups and formation
of alkali salts [29]. It should be noted that the pH of FS-based biochar was acidic, which is
different from that of organic-dominated sludge in the previous studies [30]. One possible
reason for these results is that more metal chlorides were produced during the pyrolysis
of FS, contributing to the surface acidity of biochars [31]. Comparing with acidic FSC, the
addition of PP resulted in a significant elevation of pH, and all the SPCs were alkaline,
which is likely induced by the alkaline species such as metal carbonates and hydroxides in
the PP.

Also, it could be observed that the co-pyrolysis with PP addition resulted in the incre-
ment of biochars’ specific surface area (SSA). For example, the SSA of co-pyrolyzed biochar
at 600 °C (31.26 m?/g) was 6.5 times higher than that of FS-based biochar
(4.17 m?/g). This is possibly because the sponge-like structure of PP was conducive
to form well-developed porous biochar during the pyrolysis process.

3.1.3. FTIR Spectra Analysis

The functional groups of FS and biochars were investigated via FTIR analysis. As
shown in Figure 1a, most of the peaks, including 3435 cm~! for the —OH stretching
vibration, 1655 cm~! for the C=C and C=N stretching vibrations in aromatic annulus
and amide bonds, —CHjy groups in aliphatic chains [19], weakened and even completely
disappeared with the raising temperature compared with raw FS, suggesting the substantial
decomposition of organic compounds. The intensity of the metal-halogen tensile vibration
(approximately 570 cm~!) was greatly enhanced with the increase in pyrolysis temperature,
which was likely owing to the formation of metal chlorides. This is consistent with the
results of acidic characteristics of FSC discussed in Section 3.1.1. After co-pyrolyzing
with PP, a new peak of C=0 appeared in SPC, and other functional groups were enriched
compared with the corresponding peak in FSC, indicating the abundant organics in PP.
This was possibly related to the ring opening, depolymerization of hemicellulose and
the aromatization of benzene ring in lignin [14,32]. Moreover, the peak of metal-halogen
tensile vibration decreased as the temperature rose to 600 °C, which differed from that
of FSC. This could be explained by the conversions of metal halide compounds to more
stable forms during the co-pyrolysis process. Similar results have also been reported in
another publication [33].

3.1.4. Thermogravimetric Analysis

The thermogravimetric results of FS, PP and their mixture are shown in Figure 1c,d.
The overall weight loss rates of FS, PP and SP were 23.0%, 59.8% and 76.0%, which are
attributed to the higher proportion of volatile matter in PP than that of FS. For FS alone,
a small weight loss peak could be observed at about 250 °C, which could be designated
to the decomposition of hydrocarbons in the industrial sludge. In contrary, two strong
peaks in DTG curves were presented for PP and the mixture, dividing the whole pyrolysis
process into two individual stages. The first stage occurred at 180-240 °C and was due
to the decomposition of pectin [34]. The second decomposition phase occurred at around
310-360 °C, which was believed to be due to the decomposition of cellulose and hemicellu-
lose in PP [35]. The TG curve became flat after 550 °C with no obvious loss of weight for all
the samples, suggesting the good thermal stability of derived biochars.

3.2. The Total Contents of HMSs in the Biochars

The total contents of HMs in raw FS and biochars are presented in Table 3. The total
amounts of Cu, Cr and Pb of FS were in the range of 128.55-818.68 mg/kg while the
concentration of Zn was more than 16,000 mg/kg due to the dominant zinc-plating process
in the electroplating factory. Most of the HMs (Pb, Zn and Cr) were enriched in the FSC, and
the concentrations increased as the pyrolysis temperature rose, which is likely attributed to
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the thermal decomposition of organic matters and high stability of HMs [36]. However, the
contents of Cu in the FSC were found to be lower compared with that in the FS, indicating
that a certain proportion of volatile Cu compounds generated and transferred to bio-oil and
bio-gas. This is consistent with the previous study, in which dissatisfactory immobilization
rates of Cu (33.62-67.85%) were achieved after the pyrolysis of electroplating sludge [31].
A similar change trend of HM contents could be observed in the co-pyrolyzed biochars,
but the concentrations of HM in the SPC were much lower than those in the FSC, which

may be attributed to the “dilution effect” caused by the HMs-free PP addition.

Table 3. Total contents and recovery rates of HMs in FS and biochar.

Pb Zn Cr Cu

Sample  Total Content Recovery Total Content Recovery Total Content Recovery Total Content Recovery

(mg/kg) Rate (%) (mg/kg) Rate (%) (mg/kg) Rate (%) (mg/kg) Rate (%)

FS 483.45 +24.29 / 16,380 + 231 / 128.55 £+ 17.07 / 818.68 + 21.85 /

FSC300  519.65 £21.67 89.68 £+ 3.74 17,771 £ 373 90.4 £+ 1.90 145.76 £2.76 94.9 £+ 1.80 70425 £45.50  71.77 £ 4.64
FSC400 513.18 £26.40  87.31 +4.49 18,661 + 265 93.6 £1.33 14495 £6.83  93.06 =4.38  765.13 £20.38  76.87 &+ 2.05
FSC500 530.29 +28.66  87.24 +4.71 18,939 £ 736 91.9 + 3.57 144.63 + 3.58 89.78 +2.21 796.50 +11.50  77.37 £ 1.12
FSC600  611.43 +2.76 94.08 £ 0.42 20,573 + 891 93.3 +4.05 163.80 £+ 3.25 9511 £1.89 87312 +17.63  79.33 £ 0.69
SPC300  304.64 +3.92  90.61 +1.17 10,930 + 495 95.8 +4.34 94.94 +4.81 9494 +540  450.63 +£13.13  81.88 +2.38
SPC400 356.31 + 16.65 88.98 = 4.16 12,854 £+ 379 94.3 £2.79 116.25 = 4.25 104.25 £4.00 539.50 £35.50  79.55 £5.23
SPC500 469.38 +12.62  101.90 £ 2.74 13,121 4 208 84.0 +1.33 128.94 £ 2.94 103.94 £1.69 677.45+2750  86.85 £+ 3.53
SPC600  503.21 £ 7.69 98.60 + 1.51 15,960 £ 603 95.7 £ 3.49 139.25 £ 0.75 99.25 4+ 0.55 748.81 £ 26.19 86.64 £ 3.03

Meanwhile, the recovery rates of HMs were calculated using the following equation:

RR =

Cr

CBXY

x 100%

)

where RR is the recovery rate of specific HM (%), Cp and Cr represent the total concen-
tration of HMs in the feedstocks and biochars (mg/kg), and Y is the yield of biochars
(%). As shown in Table 3, the RRs of Cu, Zn, Cr and Pb were 71.77-86.85%, 84.0-95.8%,
89.78-104.25% and 87.24-101.90% in FSC and SPC, respectively, indicating that most of the
HMs were retained in biochars after pyrolysis. Moreover, it seems that the recovery rates of
HMs in the co-pyrolytic biochars (SPC) were higher than those in the sole biochars (FSC) in
most cases. For instance, the RRs of Cr in the FSC were in the range of 89.78-95.11%, while
the values increased to 94.94-104.25% under co-pyrolysis with PP. These results suggested
that the addition of PP was conducive to immobilizing HMs in biochar owing to the high
organic carbon content of PP [37].

3.3. The Speciation of HMs in the Biochars

It is well known that the toxicity and migration characteristics of HMs in biochar
largely depend on the chemical speciation. Therefore, the distribution characteristics of HM
fractions in FSC and SPC were analyzed based on a modified BCR extraction procedure,
and the results are shown in Figure 2. Generally, the BCR-extractable fractions of HMs
can be divided into three categories: (1) both the acid-extractable (F1) and reducible (F2)
fractions represent high mobility and direct toxicity, (2) the oxidizable fraction (F3) exhibits
a potential toxicity due to its low degradation resistance in the certain environment, and
(3) the residual fraction (F4) is non-bioavailable and extremely stable under most condi-
tions [38]. For the raw FS, the bioavailable fractions (F1 + F2) of Pb and Zn were 49.8%
and 59.7%, respectively, which indicated high ecological risks from these HMs if the FS
was discharged into the aquatic and soil ecosystems. After converting FS into FSC through
single pyrolysis, the bioavailable fractions (F1 and F2) of Pb were readily converted into
relatively stable forms (F3 and F4) with the increasing temperature. For example, the
F1 + F2 fraction of Pb decreased from 40.8% in the FSC300 to 4.42% in the FSC600, sug-
gesting that pyrolysis in higher temperature was more beneficial to the passivation of
HMs. Similar change trends were also observed in the speciation distribution of Cu and
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Cr. The stable fractions (F3 + F4) of Cu and Cr in FSC were more than 90% and did not
change significantly at 300-600 °C, which could be interpreted by their strong affinity
to organic ligands or minerals in raw FS [19]. The F1 and F2 portions of Zn remained
stable and still more than 35.1% in FSC600, while the portion of F4 increased, indicating
that the transformation of oxidizable Zn complexes to more stable Zn oxide or co-crystal

compounds [39].
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Figure 2. Speciation distribution of HMs in FS and biochars.

Co-pyrolysis with PP exhibited a remarkable effect on the distribution of HM frac-
tions in SPC, and the change trend largely depended on the type of HMs. As to Pb, the
fractions of F1 and F2 were reduced by 52.9-100% in SPC at the pyrolysis temperature of
300-600 °C, indicating that co-pyrolysis had a strong passivating effect on the Pb. Com-
pared with the chemical speciation of Zn in FSC, the proportion of F1 and F2 in SPC
declined sharply, whereas the F3 fraction increased significantly. Similar changes were
observed in Cr. These results were in accordance with a previous study in which the F1, F2
and F4 fractions of all HMs decreased while the content of F3 increased with the mixture
ratios of cotton stalks [40]. This phenomenon is likely attributed to the complexation
reactions that occurred between the HMs and organic substance in the PP. In summary,
co-pyrolysis with PP is conducive to the conversion of unstable HMs to stable species such
as oxidizable and residual fractions, and it consequently decreased the bio-toxicity of HMs.

3.4. The Leaching Toxicity of HMs in the Biochars

The TCLP test was conducted to investigate the leachability of HMs in the biochars,
and the results are presented in Figure 3. The limit values of HMs were 100 mg/L for
Zn and Cu, 15 mg/L for Cr and 5 mg/L for Pb based on the identification standards
for hazardous wastes in China [6]. The leachable contents of Cr, Pb and Cu in raw FS
did not exceed the threshold values, while the contents of Zn in the TCLP leachate was
642.08 mg/L, which was 5.42 times higher than that of permissible limits, indicating the
potential risk of Zn pollution to the environments. After converting FS to FSC, the leaching
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of HMs was significantly suppressed (p < 0.05) and continuously fell off with the rising
temperature. For instance, the leached concentrations of Zn, Cr, Cu and Pb in FSC600
exhibited the remarkable declines of 61.4%, 46.0%, 92.8% and 100%, respectively, compared
with those in raw FS. These results agreed with the change trend of chemical speciation of
HMs and could be attributed to the formation of more stable structures (e.g., metal-silicate
and metal-oxide) in the carbon matrix [19].
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Figure 3. The TCLP leaching contents of HMs in FS and biochars. The lowercase letters above the
bars show significant differences of each bar of data (p < 0.05, n = 3).

As for the SPC, the toxic leachability of HMs was further decreased after the co-
pyrolysis process. Although the leachable content of Zn in SPC remained higher than
the limit value, the addition of PP notably decreased the leaching content of Zn from
6.42-fold of threshold values to less than 2.5 times in the temperature range. In addi-
tion, no leachable Cu and Pb were detected in SPC500 and SPC600, indicating that the
co-pyrolysis of sludge and PP effectively enhanced the immobilization of HMs and re-
duced the toxic leaching of them to environments. There are some possible reasons for
the results: (i) the generation of a more stable structure such as organometallic com-
pounds and metal-oxide in the carbon matrix is stimulated by the presence of PP [39], and
(ii) the well-developed pores and abundant functional groups of SPC are capable of trap-
ping or absorbing the metal(loid)s [41]. Furthermore, several mechanisms including a
carbon shield, complexation interactions and electrostatic interactions were likely involved
in the immobilization of HMs [21]; further study is needed to comprehensively reveal the
contribution of the main ingredients in PP during pyrolysis.

3.5. The Environmental Risk Evaluation of HMs in the Biochars

The ecological risks of single and multiple HMs in biochars were evaluated using
several indicators including a risk assessment code (RAC) and Nemerow pollution index
(NPI). As shown in Figure 4, the risk levels for Pb (17.6) and Zn (41.4) in FS were considered
as medium and high pollution levels, respectively (Cr and Cu were not listed due to
there being no detectable F1 form in this study). After pyrolysis, the pollution level of
Pb in FSC reduced to low risk level (1.2) at 400 °C and further reduced to a clean level at
500-600 °C, while the RAC values of Zn declined by 27.2-46.9% with the increasing
temperature, indicating a high or moderate pollution risk for FSC. These results suggested
that pyrolysis could improve the transformation of the F1 fraction of HMs to other stable
forms, but the passivation was not very satisfactory for Zn. In contrary, co-pyrolysis with
PP could further decrease the risk level of HMs in biochars. The RACs of Pb in SPC
were significantly decreased to 2.6 at 300 °C, and even Pb is not detected at 400-600 °C,
presenting low-risk or no-risk levels in the co-pyrolytic biochars. Apart from SPC300, other
SPC samples exhibited a low environmental risk level for Zn, indicating the positive effect
of co-pyrolysis on the Zn immobilization.
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Figure 4. The potential ecological risk (RAC) of Pb and Zn in biochars.

The results of NPI assessment and the classification level of the HMs pollution are
presented in Table 4. The Py value of FS was 9.62, which far exceeded the threshold of the
“serious” pollution level. This indicated that it posed an extremely high contamination
risk if FS was directly applied into soil. The Py values of FSC decreased from 9.62 to 5.33,
3.64, 5.53, and 3.13 for FSC300-600, respectively, which were considered at a “severe” risk
level. Furthermore, co-pyrolytic biochars showed more positive impacts in decreasing the
NPI: especially the comprehensive pollution level of SPC600 was the lowest, belonging
to a “moderate” pollution degree. These results suggested that co-pyrolysis with PP is a
promising strategy to reduce the ecological risk of HMs in industrial sludge. However,
both the RAC and NPI values of co-pyrolyzed biochars were higher than the expected
results due to the high contents of HMs in FS, and thereby, further study is still required for
a comprehensively technical optimization and potential application prospects of biochar in
pilot-scale trials.

Table 4. The Nemerow pollution index (P; /Py) of HMs in FS and biochars.

Sample P; P Classification
Pb Zn Cr Cu Level
FS 12.84 4.64 0.37 0.12 9.62 Serious
FSC300 7.06 3.40 0.10 0.10 5.33 Severe
FSC400 4.80 2.64 0.04 0 3.64 Severe
FSC500 7.39 2.68 0.06 0 5.53 Severe
FSC600 4.21 1.28 0.02 0 3.13 Severe
SPC300 5.06 2.59 0.02 0 3.82 Severe
SPC400 4.40 0.61 0 0 3.23 Severe
SPC500 4.95 2.51 0.03 0 3.74 Severe
SPC600 3.10 0.15 0 0 2.26 Moderate
Pollution P; /Py < 1, low contamination; 1 < P; /Py < 3, moderate contamination;
degree 3 < P; /Py < 6, severe contamination; P; /Py > 6, serious contamination.

4. Conclusions and Future Perspectives

In this study, the effect of co-pyrolysis of FS and PP on the stabilization of HMs was
firstly investigated. The addition of PP decreased the yield rate but improved the properties
of co-pyrolytic biochar including pH, aromaticity, specific surface area and functional
groups. Furthermore, co-pyrolysis with PP could reduce the total contents of HMs (i.e., Pb,
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Zn, Cr and Cu) in biochar, and the transformation from bio-available (F1 + F2) to stable
fractions (F3 + F4) was achieved simultaneously. The TCLP leaching test demonstrated
that the leachable concentrations of HMs in co-pyrolyzed biochar were greatly decreased,
thereby reducing the potential ecological risks of single (RAC) and multiple (NPI) HMs
from “high” to “moderate” and even “low” risk degrees. Therefore, co-pyrolysis with PP
was considered as a feasible strategy to immobilize HMs in industrial sludge. However,
the immobilization performance of HMs in FS should be further improved via technical
parameter optimization and other carbonization technologies application due to high HM
contents in industrial sludge. In addition, the co-pyrolysis of PP and different type of
industrial sludge in the long-term application should be comprehensively evaluated before
its practical application to soil.

Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/w15213733/s1, Figure S1: Fixed bed reactor system for co-pyrolysis;
Table S1: Details of BCR extraction procedure and extraction fluids; Table S2: Microwave digestion
procedure used in this study.
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Abstract: Using rabbit manure as raw material, three distinct types of rabbit manure biochar (RBC400,
RBC500, and RBC600) were prepared via pyrolysis at 400 °C, 500 °C, and 600 °C, respectively.
The effects of pyrolysis temperature on the physicochemical properties of biochar were examined
by scanning electron microscopy, Brunauer—-Emmett-Teller analysis, Fourier transform infrared
spectroscopy, X-ray photoelectron spectroscopy, and X-ray diffraction techniques. Rabbit manure
biochar was used to activate permonosulfate (PMS) to degrade rhodamine B (RhB). The findings
revealed that RBC600 prepared at 600 °C showed the strongest catalytic activity due to its abundant
pores and pore structure, high graphitization, and high carbonization degree. Under optimal reaction
conditions (0.4 g/L PMS and 0.6 g/L RBC600), the degradation rate of 50 mg/L RhB reached 93.38%
within 60 min. RBC600 can be effectively recovered, and effective catalytic activity can be sustained
after five cycles. The quenching and EPR experiments showed that both free-radical (SO;~ and
-OH) and non-free-radical (1O5) pathways contributed to the degradation of RhB, in which 10,
performed a dominant role. In conclusion, the new PMS activator prepared in this study not only
realizes the “waste to waste” use of manure waste but also provides technical support for the efficient
resource-based treatment of organic wastewater.

Keywords: rabbit manure; biochar; permonosulfate; advanced oxidation; rhodamine B

1. Introduction

Printing and dyeing wastewater has caused severe water pollution due to its content
of highly saturated colors, high toxicity, complex composition, and difficulty of degrada-
tion [1,2]. Owing to the considerable progress in synthetic dye technology, dye antiphotoly-
sis, antibiodegradation, and anti-oxidation abilities, a substantial amount of refractory dye
wastewater has emerged. Rhodamine B (RhB), a type of synthetic dye, has emerged as one of
the dyes that are being widely implemented in industrial production, and its impact on the
environment cannot be underestimated. Traditional wastewater treatment methods, such as
physical adsorption, electrochemical methods, and biodegradation [3-5], pose considerable
challenges in terms of their applicability to printing and dyeing wastewater. In this context,
how printing and dyeing wastewater can be efficiently degraded has become an urgent
problem that necessitates immediate resolution.

The Opinions on Implementing the Strategy of Rural Revitalization issued by the CPC
Central Committee and the State Council in 2018 clearly emphasized the importance of
realizing waste resources, replacing organic fertilizers with chemical fertilizers, treating
livestock and poultry manure waste, and promoting comprehensive utilization of crop
straw. As the largest rabbit-raising province in China, Sichuan Province has ranked first
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in the country in recent years. According to statistics, since 2020, the annual output of
rabbits in Sichuan Province has stabilized at approximately 170 million, accounting for
approximately 50% of the national output during the same period. Although a relatively
mature treatment mode has been developed for the resulting large amount of rabbit manure,
several challenges persist. Under the backdrop of this new era, it is essential to explore a
novel resource-based treatment approach for rabbit manure.

Biochar is a type of carbon-rich, porous solid material (similar to charcoal); its pro-
duction can be realized through solid waste transformation under anaerobic or anoxic
conditions. It features inexpensive prices, an elevated carbon content, a large cation ex-
change capacity, a stable structure, a large specific surface area, and a strong adsorption
capacity, among other desirable properties [6-8]. When evaluating the application potential
of biochar, most researchers focus on its adsorption of organic pollutants [9]. However,
many recent studies have shown that in the presence of biochar and oxidants, some organic
contaminants may decompose [10-12]. Simultaneously, due to the electronic conductivity
of the carbon structure, biochar can also obtain electrons from electron donors or provide
electrons to acceptors and act as electron shuttles or electron conductors to degrade organic
pollutants [13,14].

PMS can be activated in a variety of ways, such as ultraviolet activation, microwave
irradiation activation [15], ultrasonic activation, alkali activation [16], metal activation [17],
carbon material activation, etc. These methods possess their own advantages and disadvan-
tages. RhB degradation via UV/PMS, US/PMS, and other systems has been investigated
before, and some scholars have even studied the degradation of RhB through persulfate
catalyzed by carbonaceous materials [18,19]. However, studies exploring the reaction
process and mechanism of RhB degradation using rabbit manure biochar/PMS are scarce.
In this paper, the reaction mechanism was preliminarily explored through the study of the
system. It was found that the rabbit manure biochar/PMS system possesses a good degra-
dation effect on RhB, and the rabbit manure biochar exhibits excellent material stability
and recyclability. A novel RhB degradation system was proposed in this paper. Carbon
activation is easier to control and more economical than UV activation, ultrasonic activation,
etc. This important conclusion is a breakthrough and contribution to previous studies and
lays the foundation for subsequent studies. Therefore, in this study, rabbit manure served
as a raw material in the preparation of biochar material, which served as a catalyst and
activator in the activation of permonosulfate (PMS) to degrade RhB in printing and dyeing
wastewater. At the same time, the degradation efficiency of RhB in water via single biochar
systems, single PMS systems, and rabbit manure biochar and PMS systems under different
conditions was investigated. Combined with free-radical quenching and EPR experiments,
the possible pathway of RhB degradation was analyzed. Finally, the application potential
of the catalyst was evaluated via a stability experiment in an effort to provide a theoretical
basis for an efficient, novel, and cheap dye wastewater treatment method.

2. Materials and Methods
2.1. Reagents and Instruments

Reagents: PMS (KHSOs5-0.5KHSO4-0.5K;504, KHSOs5 > 42%) was purchased from
Shanghai Aladdin Biochemical Technology Co., Ltd. (Shanghai, China), Methanol (MeOH),
ethanol (ETA), tert-butanol (TBA), p-benzoquinone (BQ), L-histidine (L-His), sodium hy-
droxide, sodium bicarbonate, sodium chloride, sodium nitrate, hydrochloric acid, humic
acid (HA), and RhB were all purchased from Chengdu Colon Chemicals Co., Ltd. (Chengdu,
China). The chemical reagents used in the experiment were all analytically pure, and the
laboratory water was ultrapure (resistivity of >18.25 M()/cm).

Instruments: Laboratory pH meter (PHSJ-3F, Shanghai Lei Magnetic (Shanghai,
China)); numerical control ultrasonic cleaner (KH5200DB type, Kunshan Ultrasonic In-
struments Co. Ltd. (Kunshan, China)); UPHW-IV-90T, Sichuan Upu Water Instrument
(Chengdu, China); ultraviolet visible spectrophotometer (WFZ UV-4802H, Unique, Shang-
hai, China); electric blast drying oven (101-3AB, Tianjin Test (Tianjin, China)); constant-
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temperature oscillating box (BS-2E, Changzhou Jintan Liangyou (Changzhou, China));
table low-speed centrifuge (TD-420, Sichuan Shuke (Chengdu, China)); analytical bal-
ance, FA2004B, Shanghai Youke (Shanghai, China); muffle furnace (SX2-3-10, Shenyang
Energy-saving Electric Furnace Factory (Shenyang, China)); and high-speed multifunc-
tional crusher (§5-1022, Wuyi Haina (Wuyi, China)). Scanning electron microscope energy
spectrometer (ZEISS Gemini SEM 300, ZEISS, Jena, Germany); Brunauer-Emmett—Teller
(BET) ratio surface analyzer (Micromeritics ASAP 2460, Micromeritics Instruments Co., Nor-
cross, GA, USA); Fourier transform infrared spectrometer (Thermo Scientific Nicolet 6700,
Thermo Fisher Scientific, Waltham, MA, USA); X-ray photoelectron spectrometer (Thermo
Scientific K-Alpha, USA); X-ray diffractometer (Rigaku Ultima IV, Rigaku, Tokyo, Japan);
paramagnetic resonance spectrometer ESR/EPR (Bruker ELEXSYS-II E500, Bruker GmbH,
Mannheim, Germany); and a temperament combination instrument (Agilent 7890A-5975C,
Agilent Technologies, Santa Clara, CA, USA).

2.2. Preparation of Biochar

Rabbit manure from a rabbit breeding base in Chengdu City was selected as the raw
material for biochar. Large impurities, including grass and leaves, were removed from the
manure using a mesh sieve and tweezers. The manure was then broken up using a crusher.
The crushed rabbit excrement was dried in an oven at 105 °C for 24 h. An appropriate
amount of the material was collected for weighing, placed in a crucible, compacted, and
covered with a tin foil-wrapped crucible in a muffle furnace. The material was heated
in the mulffle furnace at a speed of 10 °C/min at set temperatures (400 °C, 500 °C, and
600 °C). After constant-temperature heating for 2 h, the material was taken out and cooled
to room temperature. After the cooling pyrolysis products were mixed with 1 mol/L HCl
ata 1:25 (m/V, g/mL) solid-liquid ratio, ultrasonic cleaning was performed for 10 min,
the supernatant was skimmed off, and the same volume of HCl was added. The process
was repeated thrice. Finally, the pyrolysis products obtained after HCI cleaning were
centrifuged and repeatedly rinsed with deionized water until the clear liquid was neutral.
The collected solids were dried at 105 °C to a constant weight, then ground with a mortar
and screened with 100 mesh (0.15 mm) to obtain RBC400, RBC500, and RBC600. The
prepared rabbit manure biochar was sealed in a ziplock bag, marked, and kept in a brown
vacuum dryer. Figure 1 depicts the precise preparation procedure.
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Figure 1. Preparation process of RBCs.
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2.3. Experimental Scheme

Certain amounts of PMS (0.2-1.0 g/L) and biochar (0.2-1.0 g/L) were added to 150 mL
of a 50 mg/L RhB solution. Furthermore, the conical flask was placed in a constant-
temperature oscillation chamber and oscillated at 200 r/min at 15-45 °C. A total of 2.0 mL
of the reaction liquid was collected at the set time interval point. After the sample passed
through the 0.45-um filter membrane, 2 mL of MeOH solution was quickly added for
quenching, and the absorbance of the mixture was determined by a spectrophotometer
after dilution with pure water. To learn more about how diverse pH levels affect the
activation properties of the solution, 1 mol/L of NaOH or HCI was used to adjust the pH
of the solution. NaCl, NaHCOj3, NaNOj3, and HA were used to regulate the concentrations
of different background components in the solution to study the effects of background
components (CI~, HCO3 ™, NO3; ™, and HA) on the degradation of RhB. MeOH, TBA, BQ,
and L-His were added to the solution as quenchers to investigate the formation of different
active substances.

2.4. Analysis Method

The absorbance of RhB was determined by a UV-visible spectrophotometer (WFZ
UV-4802H, Unic, Shanghai, China). The measurement wavelength range was 190-1100 nm,
and the wavelength accuracy was +0.3 nm. At the maximum visible wavelength of
554 nm, the absorbance of RhB was measured, and its concentration was calculated based
on the standard curve of RhB. In this research, all experiments were performed thrice
in parallel, and the degradation rate n (%) was calculated using the average data. The
calculation formulas of RhB degradation rate n and first-order reaction kinetics are shown
in Equations (1) and (2), respectively.

Co — C¢

n=—"g x 100% 1)

In(C/Cp) = —kpst 2)

where Cy and C; are the mass concentrations of RhB in solution (mg/L), respectively, with
0 denoting the initial concentration and t denoting the concentration of RhB at time t; C is
the concentration of RhB in the solution at any given time (mg/L); V is the volume of RhB
solution (mL); and ks is the pseudo-first-order reaction rate constant (min~1).

3. Results and Discussion
3.1. Structural Characteristics of RBC

The prepared rabbit manure biochar was placed under a scanning electron microscope,
and its microstructure was observed (Figure 2). The acceleration voltage of the scanning
electron microscope was 2 kV, and its magnification was 2-10 k. The sample preparation
process is as follows: The powder sample was dispersed on the clean, smooth surface of the
silicon wafer (0.2 cm x 0.2 cm). After natural drying, the other side of the silicon wafer is
pasted on the conductive tape of the sample table. After gold spraying, the powder sample
was placed in the sample room for testing. As depicted in Figure 2, after pyrolysis, the
surfaces of the three types of biochar showed irregular concave-convex shapes. When the
pyrolysis temperature was 400 °C, almost no pore structure was observed on the surface of
the biochar, and the surface exhibited a rough and caked state. Some tiny particles were
deposited on the surface (Figure 2a). This finding indicates that at 400 °C, the biomass
pyrolysis was insufficient, and the pores were not fully opened. Figure 2b shows that when
the pyrolysis temperature rose to 500 °C, the surface roughness of the biochar increased,
and some pores appeared. However, the pore size was generally large. When the pyrolysis
temperature was 600 °C, more pores and channels appeared on the biochar surface, and
a certain amount of fold structure appeared, indicating that biochar generated at 600 °C
formed abundant pore and channel structures after full pyrolysis at high temperature.
According to the scanning electron microscopy (SEM) analysis, with increasing pyrolysis
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temperatures during rabbit feces biochar preparation, biochar pores, channels, and fold
structures increased.

Figure 2. SEM images of different activators. (a) RBC400. (b) RBC500. (c) RBC600.

The specific surface area, total pore volume, and average pore size of the biochar were
determined using the static volumetric method. N (99.999%) was used as an adsorbent,
and the degassing time was 8 h. The BET results of biochar in Table 1 and Figure 3 showed
that the pore sizes of the three types of biochar ranged from 2 nm to 50 nm, and they
all belonged to mesoporous materials. Table 1 shows that the specific surface area, total
pore volume, and micropore volume of RBC600 were significantly improved compared
with those of RBC400 and RBC500. Combined with Figure 3, the surface characteristics
and microstructure diagrams can be further comprehensively analyzed. The surface of
RBC400 was rare with medium pores and folds, and the surface roughness was low, which
resulted in a small specific surface area and total pore volume. Given the increase in the
pyrolysis temperature, the pores of RBC500 were opened to a certain extent, and the surface
roughness increased, displaying a specific number of folds and pores. When the pyrolysis
temperature was further increased, RBC600 formed a more favorable surface structure, and
compared with RBC500, the micropores, surface folds, and roughness further improved.
The surface characteristic test results also showed that the specific surface area and total
pore volume were larger.
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Table 1. Test results of biochar surface characteristics.

Biochar Specific Surface Area Total Pore Volume Micropore Volume Mean Aperture
(m?/g) (cm3/g) (cm3/g) (nm)
RBC400 16.887 0.023 0.0001 13.196
RBC500 57.095 0.084 0.0008 6.493
RBC600 89.027 0.136 0.0057 6.855
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Figure 3. Effect of pyrolysis temperature on Ny physisorption isotherms and pore characteristics.

The pore structural properties of biochar can also be obtained from the N; adsorption—
desorption curve and pore size analysis during BET characterization. Figure 3 shows
the N, adsorption—-desorption curve and pore size distribution curves of three biochar
types. Figure 3a displays that the three biochar species had a high adsorption pressure
(P/Py > 0.8). The gas adsorption line rose sharply, the adsorption rate of N, accelerated
significantly, and capillary condensation occurred in mesoporous pores, showing a VI Nj
adsorption—desorption isotherm [20]. The hysteresis loops of RBC500 and RBC600 appeared
when the relative pressure was between 0.4 and 1.0, and the width of the hysteresis loops
was wider than that of RBC400; thus, the pore structure size distributions of RBC500 and
RBC600 were wider, and their pore structure was mainly mesoporous [21].

Combined with the BET characterization results of the three types of rabbit manure
biochar described above, the specific surface area of rabbit manure biochar showed a
gradual increase with the increase in the pyrolysis temperature of rabbit feces biochar.
Moreover, the pore size and pore structure of rabbit manure biochar gradually became
complex. In general, with the increase in the pyrolysis temperature, the specific surface
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area, pore size, and pore volume of rabbit manure biochar changed in a direction conducive
to the reaction.

The surface functional groups of three types of rabbit manure biochar were character-
ized by Fourier transform infrared spectroscopy (FI-IR). Before the test, the samples were
first pressed and measured in the wavelength range of 400-4000 cm ™! after deducting the
background value, and the FT-IR characterization results are shown in Figure 4. As shown
in Figure 4, the types of functional groups on the surface of RBC400, RBC500, and RBC600
biochar were similar, and the main characteristic peaks appeared at 3438, 2958, 1630, 1388,
and 1093 cm™~!. The stretching peak near 3438 cm~! was the characteristic peak of ~OH,
and the stretching peak near 2958 cm~! was the C-H of alkane. The strength of the stretch-
ing peak of RBC500 and RBC600 was weak here, indicating that the carbonization degrees
of both were high at high pyrolysis temperatures. The C=C or C=0 bond of aromatic ring
transformation in biomass wood fiber appeared at the stretching peak near 1630 cm~! [22];
near 1388 cm !, a small but sharp stretching peak appeared, which was the absorption
peak formed by the deformation and vibration between aromatic C-H [23]. The stretching
peak near 1093 cm ! is an ether-type C-O stretching vibration absorption peak [24].
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Figure 4. FT-IR diagrams of different activators.

The surface element compositions of RBC400, RBC500, and RBC600 were characterized
and analyzed using X-ray photoelectron spectroscopy (XPS) spectra. The test target was a
copper target with a scanning range of 10-80° and a step size of 2° /min. Figure 5 depicts
the XPS spectra of the three materials, and Table 2 shows the elemental composition of
the materials. The XPS also showed that three main characteristic peaks were detected
on the three biochar samples, corresponding to O 15 (532.08 eV), C 1 s (400.08 eV), and
N 15 (248.08 eV), respectively. The elemental composition analysis showed that the main
element components of the three biochar surfaces were O, C, and N. As shown in Table 2,
with the increase in the pyrolysis temperature of rabbit biochar, the C content on the surface
of the generated biochar also increased to a certain extent, which indicates that the increase
in the pyrolysis temperature can improve the carbonization degree of rabbit coprobiochar
to a certain extent, which matched the FI-IR characterization findings.
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Figure 5. XPS diagrams of different biochar: (a) RBC400, (b) RBC500, and (c¢) RBC600.
Table 2. Biochar surface element composition.
. Surface Element Percentage/%
Biochar
O1ls Cls N1ls Other
RBC400 15.78 79.24 4.55 0.43
RBC500 14.38 79.72 5.32 0.58
RBC600 13.61 81.44 4.44 0.51

The crystal structure information inside rabbit manure biochar can be obtained using
X-ray diffraction (XRD). Before the test, appropriate amounts of samples were taken,
pressed, and affixed to the sample tray. Furthermore, the samples were placed in the
sample chamber of a Thermo Scientific K-Alpha XPS instrument. When the pressure in
the sample chamber was less than 2.0 x 10~7 mbar, the samples were sent to the analysis
chamber. The spot size, working voltage, and filament current were 400 um, 12 kV, and
6 mA, respectively. The full-spectrum scanning energy and step size were 150 eV and
1 eV, while the narrow-spectrum scanning energy and step size were 50 eV and 0.1 eV,
respectively. The XRD characterization results are shown in Figure 6. After the phase index
of three types of rabbit manure biochar was determined, two types of crystal structures
were mainly found on their surface: SiO, (PDF card number 46-1045) and graphitic carbon
(PDF card number 26-1076). Thus, the three types of biochar produced graphitized crystal
structures after high-temperature pyrolysis. Further comparison revealed that, unlike those
of RBC400 and RBC500, the peaks of RBC600 were significant and sharp at 26.5°, indicating
that its particle size and crystallinity were likely greater.
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Figure 6. Effect of pyrolysis temperature on the crystal structure of rabbit manure biochar.

3.2. Evaluation of Catalyst Activity

For investigating the differences among the hB removal performance of different
biochars and their activated PMS, this part of the experiment explored the RhB removal
effect of different systems under the same reaction conditions, and the experimental results
are depicted in Figure 7. The removal efficiencies of RhB in different systems from low
to high were as follows: blank (1.7%), RBC400 (6.94%), PMS (24.61%), RBC400 + PMS
(29.31%), RBC500 (32.39%), RBC600 (35.28%), RBC500 + PMS (60.15%), and RBC600 + PMS
(93.98%). According to the analysis of the experimental results, the degradation rate of
RhB in the blank control group was 1.7%. Given that the experiment was conducted under
normal indoor light, a small amount of RhB was possibly photolyzed in this environment.
However, the degree of photolysis was low and negligible. The addition of biochar alone
can adsorb RhB, and RBC600 showed the best adsorption performance. RhB in water
can be oxidized by a single PMS system because a small amount of SO4 ~ is produced
through the hydrolysis of PMS in the solution, and RhB can be oxidized by SO, ~ [25].
The RBC/PMS systems can degrade RhB in water more effectively than the RBC or PMS
systems and the degradation rate of RhB in the RBC600/PMS system was significantly
higher than that in the RBC400/PMS and RBC500/PMS systems. According to the analysis
of Table 1 and Figure 3, this is due to the larger specific surface area and more abundant
surface functional groups (C=0) of RBC600, which can provide more activation sites and
facilitate the catalytic degradation reaction.
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Figure 7. RhB removal effect of different systems (Reaction condition: PMS = 0.4 g/L, RBC =0.6 g/L,
RhB =50 mg/L, and T = 25 °C).
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To better study the reaction kinetics of RhB degradation in the RBC/PMS system, a
pseudo-first-order kinetic model was introduced to perform kinetic fitting on the reaction
results of RhB catalytic degradation in the RBC/PMS system (Figure 8).
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Figure 8. Pseudo-first-order kinetic model of RhB degradation in different systems.

The fitting results revealed that the degradation process of RhB in RBC400/PMS,
RBC500/PMS, and RBC600/PMS can follow well the pseudo-first-order reaction kinet-
ics, and the corresponding ks of the three systems were 0.005, 0.014, and 0.044 min~!,
respectively. These findings show that the RBC600/PMS system had a higher apparent
rate constant than the other two systems. To better explore the performance, we used the
RBC600/PMS system under optimal reaction conditions and the reaction mechanism of
RhB degradation by rabbit manure biochar-activated PMS for follow-up experiments.

3.3. Analysis of Adsorption Influencing Factors
3.3.1. Effect of Biochar Dosage

Biochar dosage is an essential factor affecting the process of biochar-activated PMS
in degrading pollutants. It determines the cost input required by the system to degrade
pollutants to a certain extent. Therefore, it is crucial to select the most appropriate biochar
dosage. The experimental results of the influence of biochar dosage are shown in Figure 9.
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Figure 9. Degradation performance under different biochar dosages. (Reaction condition:
PMS=04g/L,RBC=0.2,04,0.6,0.8,1.0g/L, RhB=50mg/L, and T =25 °C).

As depicted in Figure 9, when the biochar dosage increased from 0.2 g/L to 0.6 g/L,
the degradation rate of RhB increased from 67.83% to 99.97%, showing an evident up-
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ward trend, and the degradation rate of k,; increased from 0.017 min~! to0 0.118 min 1.

On the one hand, with the increase in biochar dosage, the biochar surface area and the
number of adsorption sites involved in pollutant adsorption increased, and the adsorption
performance was gradually enhanced. On the other hand, increasing biochar dosage can
provide more activation sites for PMS and improve the catalytic degradation efficiency
of RhB in the RBC600/PMS system. When the dosage of RBC600 increased from 0.6 g/L
to 1.0 g/L, the reaction ks increased from 0.118 min~! to 0.189 min~!, but the catalytic
degradation efficiency did not improve significantly. This result may be due to the limited
number of free radicals generated by biochar-catalyzed PMS at certain dosages of PMS.
With the increase in the dosage of RBC600, the excess active sites provided by biochar
cannot be effectively utilized, and the degradation efficiency of RhB cannot be significantly
increased by increasing the dosage of biochar; this condition resulted in a “plateau” in the
degradation rate of RhB. Huong et al. [26] also reached a similar conclusion in their study
on the degradation of organic contaminants in wastewater by activating PMS with rice
husk biochar.

3.3.2. Effect of PMS Dosage

The dosage of PMS is one of the key parameters of persulfate advanced oxidation
technology, and its dosage largely determines the amount of free radicals produced in the
system, which has an important influence on the degradation efficiency of RhB. Figure 10
shows the effect of PMS dosage on the degradation efficiency of RhB.
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Figure 10. Degradation performance under different PMS dosages. (Reaction condition: PMS = 0.2,
0.4,0.6,08,1.0g/L, RBC=0.6 g/L, RhB=50mg/L, and T =25 °C).

As presented in Figure 10, with the increase in PMS dosage, the degradation rate of
RhB and ks also improved. When the PMS dosage increased from 0.2 g/L to 1.0 g/L, kgps
increased from 0.016 min~! to 0.134 min~!. This result was due to the continuous increase
in the rate and amount of free-radical production with the increase in PMS, which increased
the chance of free-radical reaction with biochar surface active site contact. However, when
the dosage of PMS increased from 0.2 g/L to 0.4 g/L, the degradation efficiency of RhB
increased by 34.26%. The apparent rate constant also increased by 4.875 times, from
0.016 min~! to 0.094 min~—!. However, when the dosage of PMS increased from 0.4 g/L to
1.0 g/L, the degradation efficiency and apparent rate constant of RhB were not significantly
improved, and those of k., increased by 42.6%, which was relatively slow compared
with the 4.875 times mentioned above. This experimental result is consistent with the
experimental finding of Chen et al. [27], who used straw-derived biochar to activate PMS
to degrade the antibiotic ofloxacin. On the one hand, when the dosage of biochar is certain,
the number of biochar surface active sites is limited. When these active sites are occupied,
excessive free radicals cannot perform desirable functions in pollutant degradation. On the
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other hand, the excess free radicals generated by excess PMS may undergo self-quenching
(Equations (3)—(5)).

SO4~ + HSOs5™ — SOs ™~ + HSO4 ™~ 3)
OH + HSO5 ™ — SO5 ™ + H,O 4)
S04~ + H,O + HSO5™ — HO, + 2HSO,4 ™~ (5)

3.3.3. Effect of the Initial pH Value of the Solution

The initial pH of the solution is also an important factor affecting the degradation
of pollutants in the persulfate system. Within the range of pH set in the experiment, the
degradation efficiency of RhB in the system varied (Figure 11).
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Figure 11. Adsorption performance at different pHs. (Reaction condition: PMS = 0.4 g/L,
RBC =0.6g/L, RhB=50mg/L, T=25°C,and pH=3,5,7,9, and 11).

When the initial pH of the reaction increased from 3 to 11, the degradation rate of
RhB decreased by 10.91%, and the corresponding ks were 0.042, 0.037, 0.033, 0.032, and
0.025 min~!. The experimental results indicated that acidic conditions were more favorable
for the reaction because the free radicals involved in the reaction in the solution changed
with the pH. When the pH of the solution is lower than 9, more H+ in the system can
be activated efficiently to produce more SO, ~. With the increase in pH, SO4 ™ gradually
transformed into -OH (Equations (6) and (7)). When the pH of the solution was greater
than 9, -OH quenched SO4 ~. Thus, the SO, ~ with a stronger oxidation capacity in the
system became -OH with a weaker oxidation capacity and shorter half-life. Therefore, in
RhB degradation by RBC600/PMS, the degradation rate of RhB decreased with the increase
in pH [28,29]. Wang Yan et al. [30] also came to a similar conclusion in their study on
the degradation of golden oranges by persulfate. On the other hand, biochar can better
adsorb RhB under acidic conditions, but when the solution pH is low, the biochar surface
functions through group protonation. RhB exists in the form of a cation, which is conducive
to the ion exchange between biochar and RhB and improves the RhB degradation rate.
However, when the pH of the solution is higher, RhB exists as a zwitterion and forms a
macromolecular dimer, which is difficult to be adsorbed by biochar [31]. In general, the
RBC600/PMS system has various pH applications and a good degradation effect on RhB in
the range of pH 3-11 (the degradation rate is over 80%).

SO4 " + H,O — HSO4 ™ + -OH 6)

SO, ~ + OH™ — SO,*> +-OH (7)
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3.3.4. Effect of Reaction Temperature

The results showed that PMS could be activated by heating, and the increase in
temperature may further improve the degradation effect of the RBC600/PMS system
on RhB. This part of the experiment explored the effect of reaction temperature on RhB
degradation efficiency, and the experimental results are shown in Figure 12.
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Figure 12. Adsorption performance under different reaction temperatures. (Reaction conditions:
PMS=04g/L,RBC=0.6g/L,RhB=50mg/L,and T =15 °C, 5 °C, 35 °C, 45 °C).

As shown in Figure 12, the effect of the reaction temperature change (1545 °C) on the
degradation of RhB in the RBC600/PMS system was very limited, and the degradation rate
of RhB in the RBC600/PMS system can reach more than 90% at four reaction temperatures.
Although the increase in reaction temperature had no evident effect on the final degradation
efficiency of RhB, the apparent rate constant increased with the increase in reaction temper-
ature. The k,, at 15 °C, 25 °C, 35 °C, and 45 °C were 0.052, 0.056, 0.078, and 0.095 min !,
respectively, which indicated that the increase in the reaction temperature could accelerate
the reaction. Shi Chenfei et al. [32] showed that compared with rice straw biochar activation
of PS, the efficiency of thermal activation was lower. Therefore, the activation efficiency of
rabbit manure biochar on PMS was significantly higher than that of thermal activation. In
this study, RhB degradation was effectively achieved by activating PMS with rabbit manure
biochar. Therefore, significant improvement of the RhB degradation efficiency by thermal
activation of PMS was difficult compared with PMS activation by biochar.

3.3.5. Effect of the Water Background Component

Various background components in water may have different degrees of influence
on the degradation of RhB by the system. In this experiment, four common background
components (CI~, HCO3;~, NO;~, and HA) in water were selected to explore the degra-
dation performance of RhB by the system under different concentrations of background
components. Figure 13 shows the influence of water background components on RhB
degradation efficiency.
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Figure 13. Adsorption performance under different water background components. (a) Cl1~,
(b) HCO3~, (¢) NO3~, and (d) HA. (Reaction conditions: PMS = 0.4 g/L, RBC = 0.6 g/L,
RhB =50mg/L, T=25°C,ClI~, HCO3~,NO3;~ =2, 5,10 mmol/L, and HA =5, 10, and 20 mg/L).

As shown in Figure 13, the inhibitory effects of C1~, HCO3;~, NO3~, and HA on the
degradation of RhB in the system were HCO3™ (37.23%), NO3~ (15.52%), HA (9.96%),
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and CI™ (8.63%) in descending order. As shown in Figure 13a, when CI~ concentration
increased from 0 mmol/L to 10 mmol/L, the degradation rate of RhB decreased from 99.79%
to 91.16%, showing a slight inhibition. ks decreased from 0.094 min~! to 0.042, 0.039,
and 0.038 min !, respectively. This finding was due to the consumption of -OH, SO, ~,
or HSOs5™ by CI™ to form CI- and Cl, ~ with lower activities (Equations (8)—(11)) [33-36].
Guan et al. [37] also reached a similar conclusion in their experiment on the influence of
chloride ions on the UV /PMS system:

SO, ™ + Cl™ — SO4> +Cl- (8)
HSOs~ + Cl~ — SO42~ + HOCI )
HSO5~ +2C1~ + H" — SO,42~ + Cl, + H,O (10)
-OH +Cl” + H* = HOCIl ~ (11)

As shown in Figure 13b, when the concentration of HCO3; ™ increased from 0 mmol/L
to 10 mmol /L, the degradation rate of RhB decreased from 99.79% to 62.56%, indicating
a decrease of approximately 37.31%. ks decreased from 0.094 min~! to 0.022, 0.016, and
0.013 min~ 1, showing an evident downward trend; this result indicated that the presence of
HCOj3~ significantly inhibited the degradation of RhB [38]. This finding can be explained
by the rate constant from the work of -OH. Kang et al. [39] observed that the rate constant
of HCO3™ was greater than that of OH and that it had a certain scavenging effect on -OH
(Equation (12)). In addition, HCO5; ™ reacted with SO4 ~ to produce CO3~ (Equation (13))
with a lower redox potential, which inhibited the degradation of RhB to a certain extent.

SO, ™ + HCO3~ — SO42~ +CO5 ~ + HY (12)

.OH + HCO;~ — CO3 ™ + H,O (13)

Figure 13c shows that when the NO3 ™~ concentration increased from 0 mmol/L to
10 mmol/L, the degradation rate of RhB decreased from 99.79% to 82.38%. This result
indicated that the presence of NO3 ™ inhibited the degradation of RhB to a certain extent.
Such a result was observed because the NO3 ™ in the solution reacted with SO4 ~ and -OH
to form NOs3 (Equations (14) and (15), respectively), and the redox potential of NOj3 is lower
than that of -OH and SO, ™ [40], thus reducing the degradation rate of RhB.

NO;~ + S0, — NO3" + S04~ (14)

NO;~ + -OH — NO; + HO™ (15)

Figure 13d shows that when the HA concentration increased from 0 mg/L to 20 mg/L,
the degradation rate of RhB decreased from 99.79% to 89.83%. kys decreased from
0.094 min~! to 0.043, 0.038, and 0.035 min !, respectively, indicating that the presence
of HA slightly inhibited the degradation of RhB. The inhibitory effect of HA is mainly
reflected in competitive adsorption [41]. As a typical natural organic matter, HA contains
groups that are easily degraded by oxidation (such as carboxylic and phenolic hydroxyl
groups). These active groups may react with free radicals and compete with RhB to form
‘OH and SO4 ™ [42]. The competitive adsorption of HA on biochar surface active sites
and the spatial and electrostatic effects limited the contact between PMS and the biochar
surface [43]. However, as the reactive groups of HA react more weakly with free radicals
than -OH and SO4 ~, the addition of HA can only slightly inhibit the degradation of RhB
in the system.
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3.4. Exploration of Living Species and Possible Degradation Mechanisms

In general, in PMS catalytic reaction systems, researchers have shown that the degra-
dation of pollutants can be based on free and non-free-radical pathways. To further explore
the reaction path of the RBC600/PMS system in the RhB degradation process and the partic-
ipation of various active substances in the reaction, we selected four different quenchers for
the free-radical quenching experiment, and the experimental results are shown in Figure 14.
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Figure 14. Effect of (a) MeOH, (b) TBA, (c) BQ, and (d) L-His on RhB degradation.

MeOH and TBA are usually used to assess the production of SO, ~ and -OH in a
reaction system. MeOH can effectively quench the two free radicals (SO4 ~ and -OH) with
different reaction rates (kgos.— = 1.1 x 107 M~1s71, k. oy = 9.7 x 108 M~1s~1). The reaction
rate of TBA with -OH was 6 x 108 M~ !s™!, but that with SO, ~ was significantly lower
(4 x 10° M~!s™1); thus, TBA can be used as a quencher of -OH [44]. Figure 14a,b shows the
experimental results of the quenching agent and PMS at different molar ratios, respectively.
When the molar ratio of MeOH and PMS increased from 0 to 1000:1, the degradation rate
of RhB decreased from 99.97% to 75.35%, denoting a decrease of 24.61%. ks decreased
from 0.118 min~! to 0.022 min~! (81.36%). When the molar ratio of TBA to PMS increased
from 0 to 1000:1, the degradation rates of RhB were 99.97%, 98.47%, 96.19%, and 83.75%,
and k,ps decreased from 0.118 min~! to 0.065, 0.051, and 0.028 min !, respectively. These
results indicated that both types of free radicals could inhibit the degradation of RhB, and
the degree of inhibition of the reaction increased with the increase in the concentration
of the quenching agent. Free-radical quenching experiments showed that both SO4~ and
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Intensity(a.u.)

-OH participated in the degradation of RhB, but -OH performed a more important role
than SO4 ~.

BQ is usually used as an inhibitor of O, ~. Therefore, BQ was used in this experiment
to verify the presence of radical O, ~. Figure 14c shows the presence of O, ™ in the
reaction. The results showed that the degradation rate of RhB decreased by 7.99% when
the concentration of BQ increased from 0 mmol/L to 20 mmol/L, and the corresponding
kops were 0.118, 0.065, 0.053, and 0.039 min~!. Free-radical quenching experiments showed
that O, ~ participated in the degradation of RhB, but the proportion was very low.

L-His is usually used as an inhibitor of 'O, non-free radicals. In this study, L-His was
used to verify the presence of 'O,. The participation of 'O, in the reaction is shown in
Figure 14d. The experimental results revealed that when the L-His concentration increased
from 0 mmol/L to 20 mmol/L, the degradation rate of RhB decreased by 69.11% and
69.13%, and the corresponding ks were 0.118, 0.006, 0.005, and 0.005 min~!. K, had a
very significant decrease of 95.76%. Free-radical quenching experiments showed that !0,
participated in the degradation of RhB and performed a relatively important role.

To further verify the reactive oxygen species generated during RhB degradation by
the RBC600/PMS system, DMPO was used as the spin catcher of SO4~, -OH, and O, ™ free
radicals. TEMP was used as the spin catcher of 'O, non-free radical. The free and non-free
radicals generated during RhB degradation were captured by EPR. The EPR results are
shown in Figure 15.
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Figure 15. (a) SO, ~ and -OH, (b) O, ~, and (c) 'O, EPR spectrum.
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As shown in Figure 15a, four distinct characteristic peaks with an intensity ratio of
1:2:2:1 can be observed, which proves the existence of DMPO-50, ~. Meanwhile, a six-row
peak with an intensity ratio of 1:1:1:1:1:1 and partially overlapping with the characteristic
peaks of DMPO-OH can also be observed, which proves the existence of DMPO-50, ™.
The radical quenching experiment revealed possible traces of O, ™ in the system, but as
shown in Figure 15b, EPR did not detect the evident characteristic peak of DMPO-O;, ~
possibly because O, ~ wasprotonated, dismutated, and reduced to -OH. It may also be
caused by the extremely strong DMPO-OH and DMPO-50,~ signals; similar results were
found in the study of Huang Wen et al. [22]. As depicted in Figure 15¢, when TEMP
was used as the trapping agent, a triple peak with an intensity ratio of 1:1:1 appeared,
demonstrating the presence of 1O,.

EPR experiments showed that RBC600 could activate PMS to produce SO4 ~, -OH free
radicals, and 1O, non-free radicals, which is consistent with the experimental results of
radical quenching. Two free and non-free radical ways were used to degrade RhB in the
RBC6000/PMS system, where the 'O, non-free radical performed an important role in the
degradation process of RhB.

The defective structure of biochar can be used as an electron donor to provide electrons
to PMS, thus activating PMS to produce various active substances. In addition, as a
good electron acceptor, C=O on biochar can stimulate PMS to produce active substances.
Figure 16 shows the mechanism of RBC600 activates PMS to degrade RhB. The activation
mechanism of RBC600 to PMS can be described as follows: PMS was first adsorbed on
the surface of RBC600. Further, 7t electron on the RBC600 surface spZ—C activated PMS
to produce SO;~ and -OH free radicals as oxidizing substances (Equations (16) and (17),
respectively). The C=0 functional group on RBC600 can promote the generation of non-
free (10,) radicals. In the presence of OH~, HSO5 ~ attacked the C=0 located at the edge
of carbon material to form peroxide adduction and then formed dioxane intermediates
through intramolecular nucleophilic substitution. The SO5?~ molecule reacted with the
dioxycyclothane intermediate to form 10,. Finally, SO4~, -OH, and 10, attacked the
central carbon of RhB to decolorize it. RhB was further degraded by N-deethylation,
N-demethylation, and carboxylation, and the intermediate product was decomposed
into smaller monocyclic aromatic compound intermediates. Finally, RhB was completely
degraded into CO, and H,O by ring opening and mineralization.

HSOs5™ + m-electrons — OH™ + SO4~ (16)

HSO5 ™~ + m-electrons —-OH + SO,42~ 17)

Intermediat¢

< ; - products
Non-radical J

HSO;~ pathway H,0 + CO,+ NO, + NH,"

Figure 16. Mechanism diagram of RhB degradation in the RBC600/PMS system.
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3.5. Investigation of Catalyst Stability

In addition to studying the degradation conditions of pollutants in the system, this

paper explored the stability of materials. Strong stability of materials can not only reduce
the environmental impact that may be caused by pollutant treatment but also save the cost
of such process, thus increasing the possibility of its application in the actual pollutant
degradation process. The experimental results of material recycling five times are shown in

Figure 17.
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Figure 17. Repeated catalytic activity test of RBC600.

As it depicted in the figure, the reactivity of RBC600 as a catalyst gradually decreased

with the increase in the number of cycles. After recycling, the degradation rates of RhB in the
RBC600/PMS system were 99.79%, 92.21%, 89.25%, 84.26%, and 81.73%. After five cycles,
the degradation rate of RhB decreased by 18.06%. In the process of catalytic degradation,
the coverage of byproducts and the collapse of the catalyst structure reduced the catalytic
performance of RBC600 to varying degrees. However, in general, the degradation rate of
pollutants of RBC600 can remain above 80% after five cycles, which indicates that RBC600
has a good recycling performance.

4. Conclusions

@

@)

®)

4)

Using rabbit manure as raw material, RBC500 and RBC600 were prepared using
pyrolysis and characterized via SEM, BET, FT-IR, XPS, and XRD. The results of char-
acterization and catalytic degradation experiments showed that RBC600 had better
catalytic activity than RBC400 and RBC500, which is closely related to its larger specific
surface area, highly graphitized structure, and a higher degree of carbonization.
When the RhB concentration was 50 mg/L, the optimum biochar dosage of RBC600-
activated PMS for RhB degradation was 0.6 g/L; the optimal dosage of PMS was
0.4 g/L, and the optimum pH was 3. Background components C1~, HCO;~, NO3 ™,
and HA all exhibited different degrees of inhibition on RhB degradation, with HCO3;~
exhibiting the strongest inhibitory effect, followed by NO;~, HA, and Cl™ having a
weak inhibitory effect on RhB degradation.

Free-radical quenching experiment results showed that the degradation rate of RhB
decreased by 24.61%, 16.18%, 7.99%, and 69.11% after MeOH, TBA, BQ, and L-His
were added, respectively. EPR analysis revealed that there are two free radicals (504~
and -OH) and one non-free (*O,) radical pathways for RhB degradation by activating
PMS with RBC600, and 'O, performs a leading role in various active substances.
The experimental results of RBC600 material stability analysis showed that RBC600
still had a good activation effect after five cycles, and the degradation rate of RhB by
the RBC600/PMS system could still reach 81.73% after five cycles.
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The composition of the actual dye wastewater is more complex than that of the
simulated dye wastewater studied in this experiment. In the practical application process,
it is necessary to consider the control of reaction conditions, operating costs, and other
realistic factors. These factors may have a certain restriction effect on the degradation of
pollutants in the RBC600/PMS system, which requires further discussion and research. In
this study, although RBC600 exhibited good material stability and could still achieve a good
pollutant degradation effect after repeated use, it encountered problems, such as difficult
material collection and large losses in the recycling process, in the actual process. In the
follow-up research, a major research direction is to develop a more convenient and efficient
method for material collection and solve the loss problem in material recycling collection.
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Abstract: Anaerobic digestion of waste activated sludge (WAS) to produce methane is a promising
pathway for biomass energy recovery. However, a slow organic biodegradation rate and weak
microbial cooperation between fermentation bacteria and methanogens lead to low methane pro-
duction from WAS. Considering the reuse of conductive materials for the regulation of microbial
communities, this study chose three kinds of high-mesh metal materials (nickel, copper, and stainless
steel) to promote the anaerobic digestion process. All three kinds of metal mesh could effectively
increase methane production, and the highest methane production was increased by 61%, reaching
77.52 mL gVSS~!. The poor biocompatibility of the stainless steel mesh was the least effective in
promoting methane production compared to the biocompatible copper mesh and nickel mesh. The
microbiological analysis found that the metal mesh with good biocompatibility can effectively induce
and promote the enrichment of key microorganisms in the process of synergistic methane production,
and the direct electron transfer process (DIET) of microorganisms on the metal surface contributes
to the further improvement of the methane production efficiency. Therefore, the application of
metal conductive materials in sludge anaerobic fermentation is feasible to achieve the retention of
syntrophic bacteria and methanogens in the system.

Keywords: waste activated sludge; metal meshes; direct interspecies electron transfer; methane

1. Introduction

As a sustainable and promising technology, anaerobic digestion (AD) is widely used
in wastewater treatment and solid waste disposal [1,2]. Through the AD process, microor-
ganisms can convert organic wastes such as waste activated sludge (WAS) to biomethane
(CHy). This helps wastewater treatment plants (WWTPs) reduce their carbon footprint
if their energy consumption can be compensated for through CHy4 cogeneration [3]. At
present, most WWTPs have built sludge anaerobic fermentation facilities, but their practical
operation is far from satisfactory due to poor operational stability and low production
efficiency [4].

Introducing conductive materials (CMs) into AD has been proven to be an effective
way to enhance methane production and improve system stability [5]. The addition of
CMs into the anaerobic digester helps to cope with extreme conditions such as digestion
deterioration due to temperature changes, over-acidification, and increased Hj partial
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pressure [6]. Generally, CMs can thermodynamically and kinetically facilitate AD to form
a more efficient synergistic metabolic process and improve the electron capture capacity
of methanogens by replacing diffusive electron mediators (such as acetate, formate, and
hydrogen), ultimately accelerating the rate of methanogenesis [7,8]. The electrons generated
by organic oxidation can be directly transferred to methanogens through CMs, which is
called direct interspecies electron transfer (DIET). DIET has always been considered to be
the main reason for the promotion of anaerobic methane production by CMs, although
it also has other effects, such as the directional enrichment of functional microorganisms,
the regulation of pH stability, and adsorption and immobilization of CO; by the surface
groups of CMs. These reports imply that the mechanism of methanogenesis via CMs in
practical reactors is not yet well understood.

It was found that not only typical electrochemically active bacteria (EAB), such as
Geobacter and Pseudomonas, can mediate the DIET process of microorganisms but also
some syntrophic microorganisms have the ability to transfer electrons to CMs [5]. These
syntrophic microorganisms are critical in anaerobic methanogenesis, as they can convert
volatile fatty acids (VFAs) produced by acid-producing bacteria into acetate and hydrogen
that are required by methanogens. This “synergistic methanogenesis process” established
by methanogens and syntrophic microorganisms is also one of the key factors affecting the
rate of methane production. However, these syntrophic microorganisms are relatively rare
in conventional AD systems. The effect of CMs on the synergistic methanogenesis process
is also uncertain.

To date, a variety of particle CMs, including carbon-based materials [4] and metal
nanoparticles [9-13], are reported to significantly improve the performance of AD. In
practice, however, the application of particle CMs often encounters material loss and
recovery problems [14]. Metal mesh, with good electrical conductivity and high mechanical
strength, can be easily fixed in the anaerobic reactors and easily separated from AD residues.
Enhancing the AD of WAS by introducing low-cost transition metal meshes (such as nickel
(Ni), iron (Fe), and copper (Cu)) are operationally and economically feasible.

In this study, three kinds of metal conductive materials (nickel mesh, copper mesh, and
steel stainless mesh) were used to strengthen the methane production process of sludge. In
order to promote the hydrolysis of the sludge and prevent the influence of metal corrosion,
the sludge was pretreated with alkali, so that the whole process was carried out under weak
alkaline conditions. The effects of different metal materials on the substrate metabolism
and methanogenesis of the sludge anaerobic digestion process were investigated. Possible
DIET processes and the growth of syntrophic microorganisms during methanogenesis were
explored. The application and future development of using metal mesh as a method to
intensify the AD process is proposed.

2. Materials and Methods
2.1. WAS Characteristics and Pretreatment

All WAS used in this study came from the secondary sedimentation tank of a municipal
sewage treatment plant in Harbin, Heilongjiang Province. The ratio of volatile suspended
solids (VSS) to total suspended solids (TSS) was approximately 0.62. After being retrieved,
the WAS was naturally settled in a refrigerator at 4 °C for 24 h and the supernatant was
removed by the siphon method. The concentrated sludge was passed through a 200-mesh
sieve to remove large particles such as sand and gravel. The physicochemical indexes of
the concentrated sludge after treatment were as follows: VSS of 37.5 g /L, total chemical
oxygen demand (COD) of 11,880 mg/L, and pH of 6.90. For the convenience of comparison
and calculation, the WAS described above was adjusted to 14.0 gVSS/L by diluting with
purified water, and then it was pretreated by alkali to promote the release of intracellular
substances. The specific operation was as follows: the original pH of the WAS was adjusted
to 10 with 6 mol/L NaOH solution, stirring for 10 min, adjusting the pH of the WAS to
10 again, and repeating the above operation three times [15].
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2.2. Reactor Construction and Operation

Eight lab-scale anaerobic fermentation devices were constructed using 550 mL glass
bottles with 350 mL of pretreated WAS and 200 mL of headspace (Figure 1A). Each device
contained two glass tubes, a short tube for gas collection connected by an air bag and a long
tube for liquid sample collection. Nickel mesh (Ni), copper mesh (Cu), and stainless-steel mesh
(SS) with a size of 6.25 x 6.25 mm (total area of 200 mm?, 0.57 M2 face /M WAS) WeTe put into
six of the anaerobic devices. Two devices were set as controls (C) without any metal meshes.
The size and specific surface area of the three metal meshes were the same, and their hole
diameter was 0.075 mm. The metal meshes were first soaked in 6 mol/L HCl for 24 h before
use to remove the surface oxide film. Before operation, all the devices were aerated with N;
for 10 min to maintain an anaerobic environment and then placed in a constant temperature
water bath shaker at 35 & 2 °C with a shaking frequency of 105 rpm/min. During operation,
the reactor does not discharge sludge. A measure of 4 mL of the sludge samples was taken
each time for subsequent analysis and detection.

collection bag/ ". coppér mesh
. (Cu)

Stainless-steel

tub
ube mesh (SS)

WAS-~

Figure 1. Schematic diagram of fermentation devices (A) and metal meshes after experiment (B).

2.3. Analysis and Calculation Methods
2.3.1. Chemical Analysis Method

The VFAs (acetic acid, propionic acid, butyric acid, and valeric acid) [16,17] and gas
components (Hy, CO,, and CHy) were determined by gas chromatography (7890 A, Agilent
Technologies (China) Co.,Ltd., Shanghai, China) equipped with a flame ionization detector
and a thermal conductivity detector as described in a previous study [18]. The TSS and
VSS were measured by the constant weight method at 105 °C and 600 °C, respectively.
The TCOD and COD were determined by HACH spectrophotometry (HACH (Shanghai)
Co.,Ltd., Shanghai, China) with a reagent model of 2038315. The soluble carbohydrates
were determined by the phenol-sulfuric acid method. Absorbance values were measured at
a wavelength of 490 nm using a UV-Vis spectrophotometer (UV-1800, Shanghai MAPADA
Instruments Co.Ltd., Shanghai, China). The standard curve was drawn using glucose
as the standard substance. The slope of the carbohydrate standard curve was 78.72, and
the R? was 0.99. The soluble proteins were determined by a modified BCA protein kit
method (Sangon Biotech, Shanghai, China), and the absorbance value of the sample was
measured using a UV-Vis spectrophotometer at a wavelength of 562 nm [19]. The standard
curve was drawn with bovine serum albumin as the standard substance. The slope of the
protein standard curve was 2573, with an R? of 0.99. All the samples for soluble component
measurement were centrifuged at 10,000 rpm and filtered through a 0.45 um filter.

2.3.2. Next-Generation Sequencing and Analysis

At the end of the experiment, metal mesh was taken out from the reactor (Figure 1B), the
biofilm formed on metal mesh and the sludge samples were both collected and analyzed. DNA
was extracted using a DNA extraction kit (Omega Bio-Tek D55625, Norcross, GA, USA) [20].
The 165 rRNA structures of bacteria and archaea were sequenced using the specific primers
515F (5'-GTGCCAGCMGCCGCGG-3') and 806R (5-GGACTACHVGGGTWTCTAAT-3') [21].
The microbial diversity index, including the Chaol value, relative abundance (number of
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OTUs determined in each sample), principal component analysis (PCoA), hierarchical clus-
tering analysis, and function prediction of PICRUSt2, was calculated by I-Sanger online data
processing developed by Majorbio (http:/ /www.majorbio.com/ (accessed on 7 September
2022)). The sampling method of biofilm on the surface of the metal mesh was as follows: First,
all the metal meshes were removed with tweezers after the experiment, and the floating sludge
on the metal surface was removed gently by washing with sterilized phosphate buffered
saline (PBS, 10 mM). Second, the washed metal meshes were fully shaken in a vortex shaker
for 5 min and centrifuged at 10,000 rpm for 10 min, and the supernatant was removed to
obtain a biofilm on the surface of the metal mesh [22].

3. Results and Discussion
3.1. Methane Production Performance

A sequencing batch anaerobic fermentation experiment was used to compare the ef-
fects of adding different metal meshes on an AD methane production process. During the
entire operation process, the total methane production (Figure 2A), the total carbon dioxide
production (Figure 2B), the daily methane production (Figure 2C), and the methane content
(Figure 2D) of the experimental groups with the addition of metal materials were significantly
higher than those of the control group, indicating that the addition of metal meshes had an
effect on methane production in the sludge fermentation process. The experimental group
with Ni mesh and Cu mesh obtained the highest cumulative methane production, reaching
380 + 18 mL (equivalent to 77.52 mL gVSS~!) and 374 + 16 mL (76.39 mL gVSS~!), respec-
tively, which increased by 61% and 59% compared with the control group. The SS mesh had
a less significant effect on methane production, which was only 24% higher than that of the
control group. This may be due to the poor biocompatibility of the SS mesh, which was not
helpful for microbes attached to participate in DIET or the synergistic methanogenesis process.
After several cycles of experiments, the surface of the SS mesh was still bright, and basically
no microbial growth was found on it. Furthermore, the cumulative carbon dioxide production
in the SS, Ni, and Cu groups was significantly higher than that of the control group, indicating
that the addition of metal meshes had a certain promotion effect on the decomposition and
mineralization of complex organic matter.
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Figure 2. Total methane production (A), carbon dioxide production (B), daily methane production
(C), and methane content (D) with different metal meshes.
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Methane production rate and biogas methane concentration of the experimental group
with added metal mesh were significantly higher than those of the control group. With
the growth and proliferation of methanogens, the daily methane production increased
gradually and reached maximum level during day 6-11. After that, due to the consumption
of volatile fatty acids, the daily methane production decreased. The maximum daily
methane production of the experimental group with Cu mesh reached 0.123 m?/(m?3-d),
which was 37% higher than that of the control group. The average methane content of the
added metal mesh reached 54%, which was 16% higher than that of the control group. In
previous studies, the nanoparticles of three metals were added to the AD system of WAS,
and different promoting effects were obtained. For instance, Su et al. [23] obtained a CHy
increase by >40% by adding 20 nm Fe at a high concentration (1000 mg/L). Panagiotis
et al. [24] added Ni-nanoparticles into WAS and slightly (~8%) enhanced the methane
yield. Tareq et al. [13] reported a maximum three times increase in methane production
by adding 1500 mg/L copper-iron bimetallic nanoparticles. There were also some studies
reporting the negative effect of metal nanoparticles on AD [11,25]. Compared with metal
nanoparticles, the low-cost metal meshes can also effectively promote methane production
from WAS, and according to the results in this study, the promotion effect was Ni mesh ~
Cu mesh > SS mesh.

3.2. Soluble Organic Matter Variation

The main dissolved organic matter in the sludge mainly includes carbohydrates, pro-
teins, and VFAs [26]. It showed that the addition of metal meshes had little effect on the
concentrations of carbohydrates and proteins. During the whole fermentation process, the
total carbohydrates concentration was maintained at approximately 200 mg/L (Figure 3A),
and the protein concentration was maintained between 450 mg/L and 550 mg/L (Figure 3B).
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Figure 3. Changes of total (A) soluble carbohydrates and (B) soluble proteins in sludge.

Various VFAs, mainly including acetic acid (Figure 4A), propionic acid (Figure 4B),
iso-butyric acid (Figure 4C), n-butyric acid (Figure 4D), iso-valeric acid (Figure 4E), and n-
valeric acid (Figure 4F) were produced from the fermentation of carbohydrate and protein.
The concentration of VFAs was affected by both the fermentative acid-producing process
and the acid-utilizing process. In early stage, the acid production rate was higher than the
consumption rate, thus an accumulation of VFAs was observed, while in the later stage,
the situation was just the opposite. Among these VFAs component, only acetic acid can
be directly utilized for methanogens, hence its consumption was first observed, whose
concentration rapidly decreased after Day 2. From Day 4 to Day 6, it showed that the
acetic acid concentration in the control group decreased from 747 mg/L to 512 mg/L, while
the acetic acid concentration in the Ni mesh decreased from 582 mg/L to 146 mg/L. This
suggested that the degradation rate of acetic acid was significantly accelerated by metal
mesh addition.
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Figure 4. The changes of (A) acetic acid, (B) propionic acid, (C) iso-butyric acid, (D) n-butyric acid,
(E) iso-valeric acid, and (F) n-valeric acid concentration during AD reactor operation with different
metal meshes.

Except for acetic acid, other VFAs need to be converted into acetic acid before they are
used for methane production. Among them, the acetogenesis of butyric acid is relatively
easy, followed by valeric acid, and propionic acid is thermodynamically most unfavorable.
Therefore, other VFAs were degraded in preference to propionic acid. The VFAs concen-
trations in the Ni and Cu group were lower than those of the control group most of the
time, and after approximately 10 days, all organic acids were degraded and converted to
methane, suggesting that metal meshes accelerated the conversion rates compared to the
control groups. Little residual propionic acid was detected, and its concentration in the
Cu and Ni mesh groups was 20-80 mg/L, while it was 121 mg/L in the control group.
These results showed that the addition of Ni mesh and Cu mesh could accelerate the
synergistic methanogenesis process in sludge, which was consistent with the change in
methane production rate. When acetic acid and butyric acid were exhausted (at day 8), the
Ni and Cu groups still maintained a high methane production rate. This proved that the SS
mesh showed a weak promotion effect on VFAs conversion compared to the Ni and Cu
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meshes. This may be caused by the poor biocompatibility of SS, as biomass retention is
crucial for the synergistic metabolic process of microorganisms [27].

3.3. Effects of Metal Meshes on the Microbial Community

In PCoA analysis, the relative distance of biofilms formed on the surfaces of Ni mesh
(Ni-biofilm) and SS mesh (SS-biofilm) differed from their sludge community structure
(Figure 5A). Therefore, a large surface of meshes would extend the promotion effect in
the system compared to granular carriers. Furthermore, the relative abundance of some
functional bacteria in sludge changed significantly by metal mesh additions. As shown in
Figure 5B, with metal mesh additions, the relative abundance of Clostridiales decreased
significantly, while Anaerolineales and Synergistales increased significantly, both of which
were proven to be key syntrophic microorganisms involved in methanogenesis during
AD. The relative abundance of Anaerolineales increased from 1.79% to 8.27% in Ni-sludge.
Many genera in Anaerolineales have been confirmed to utilize a variety of substrates,
such as sugars, peptides, and organic acids [28], and Synergistales have been confirmed to
interact with hydrogenotrophic methanogens for methane production [29]. Hence, their
existence was beneficial to promote the synergistic methanogenesis process.
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Figure 5. Principal coordinates analysis (PCoA) based on OTUs (A) and the differences in relative
abundance of sludge microbial community at order level (B).

It was Interesting to show that SS mesh had a great influence on sludge commu-
nities, while Ni-sludge, Cu-sludge, and Control-sludge were quite similar. Analysis of
archaeal community structure found that highly enriched communities of Methanobac-
teriales (0.91-0.96%) and Methanosarcinales (2.53-3.33%) were found in Ni-sludge and
Cu-sludge compared to the Control-sludge (0.35-0.75%), while no significant enrichment of
methanogens was found in SS-sludge. Some different enrichment of several fermentative
microorganisms was observed in SS sludge, including Thermomicrobiales, Caldilineales,
Synergitales, and Blastocatellales, rather than in the sludge with Ni or Cu mesh addition.

The clustering analysis of genera showed that the addition of metal materials played
a positive role in the enrichment of some fermentative bacteria and methanogens in the
sludge (Figure 6). The addition of Ni mesh and Cu mesh significantly increased the
abundance of norank_f Anaerolineaceae [30] (1.95-4.29%) and Longilinea (1.43-2.42%)
compared to the control (0.50-0.97%). Longilinea has been shown to release intracellular
electrons through the metabolism of substrates or intermediates [31,32]. The fermentive
bacteria Unclassified_f_Blastocatellaceae (1.50%) [33] and Lactivibrio (1.71%) were more
dominant in SS sludge than others (<0.14%). The ecological function of Lactivibrio has been
confirmed to participate in the metabolism of carbohydrates and VFAs to provide substrates
for methanogens [34]. Therefore, the enrichment of these genera can provide abundant sub-
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strates for methanogens, thereby promoting methanogenesis. The methanogens detected
in the sludge mainly included the following five species: Methanosaeta, Methanosarcina,
Methanobacterium, Methanobrevibacter, and Methanospirillum. The most dominant
Methanosaeta, as a kind of acetotrophic methanogen, was significantly enriched by metal
mesh additions, which was increased from 0.63% to 1.96% and 2.82% in Ni-sludge and
Cu-sludge compared to the control. These results suggested that the addition of metal
mesh could promote the growth of syntrophic microorganisms and Methanosaeta, which
may be responsible for the promotion of methanogenesis.
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Figure 6. Heatmap of sludge community structure at genus level.

3.4. Analysis of the Potential DIET and Synergistic Methanogenesis Process Mediated by Metal Mesh

The metal mesh surface finally formed a different community structure from the
sludge community, which meant that there might be different methanogenesis pathways
on the metal surface. The top 20 families with significant differences between the metal
surface and the corresponding sludge community in Ni mesh group (Figure 7A) and Cu
mesh group (Figure 7B) were listed. A relatively higher level of Bacteroidetes_vadinHA17,
Methanosaetaceae and Methanobacteraceae was found on both Ni and Cu surfaces com-
pared to the corresponding sludge. Bacteroidetes_vadinHA17 is known as an electrogenic
class for direct electricity production, and Methanosaetaceae and Methanobacteraceae were
confirmed to be involved in the DIET process of methanogenesis, both of which have been
extensively detected in other CM-enhanced systems [35]. Correspondingly, typical fermen-
tative bacteria on the metal surfaces, such as Peptrostreptococcaceae and Clostridiaceae_1,
were decreased significantly, while the proportion of some typical methanogenic syntrophic
microorganisms, such as Anaerolineaceae, Spirochaetaceae, and Syntrophomonadaceae on
the Cu-surface and Rhodocyclaceae on the Ni-surface, increased. Rhodocyclaceae were po-
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tentially electrically syntrophic with Methanosaeta via DIET and were selectively enriched
in a magnetite-mediated AD system [36]. Hence, it was possible that the high electrical
conductivity of metals selectively enriched these genera. The major genera identified were
Longilinea (1.93% and 1.41%), Syntrophomonas (0.85% and 0.72%), and Smithella (0.70%
and 0.67%), which were identified as potentially involved in the DIET process [32,37,38].
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Figure 7. Community differences between (A) Ni surface or (B) Cu surface and corresponding sludge.

To accurately predict the variation in functional modules of the methanogenesis pro-
cess associated with DIET, COG functional classification was analyzed using the PICRUSt2
model based on 165 rRNA gene sequencing of sludge and metal surface communities
(Figure 8). The results showed that the addition of metal meshes enhanced metabolic
activities, including translation, ribosomal structure and biogenesis (J), posttranslational
modification, protein turnover, chaperones (O) and intracellular trafficking, secretion, and
vesicular transport (U). The activity of Ni-surface and Cu-surface was the highest, followed
by the corresponding sludge group and control group. Furthermore, functions responsible
for hydrogenotrophic and electron transfer activities, cell wall/membrane/envelope bio-
genesis (M) and coenzyme transport and metabolism (H) were enhanced, suggesting that
the synergistic metabolism and DIET processes were improved. These results showed that
the surface of metal materials could promote the growth of methanogens and other syn-
trophic microorganisms with extracellular electron transfer ability, which was conducive to
the formation of DIET and the synergistic methanogenesis process between fermentative
microorganisms and methanogens.
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Figure 8. COG function classification based on the 165 rRNA gene sequencing of sludge and metal
surface communities.

3.5. Mechanism Analysis of Metal Mesh Promoting Methane Production

The results of this study demonstrated that using metal meshes could promote the
growth of methanogens and syntrophic bacteria not only on the surface but also in sludge
communities. The relative abundance of the functional microorganisms for methanogen-
esis on the surface of the metal mesh was higher than that in the corresponding sludge.
This result indicated that the SS mesh with poor biocompatibility for methanogens and
syntrophic bacteria was significantly lower than that of the Ni mesh and Cu mesh with
good biocompatibility, and a much lower methane yield was obtained by SS. The possible
microorganisms that participated in the DIET process on the metal surface are shown
in Table 1. The relative abundance of Methanosaetaceae, which could directly partici-
pate in the DIET process, increased by 6-7 times on the metal surface, and the relative
abundance of other methanogens, such as Methanosaetaceae, Methanobacteriaceae, and
Methanospirillaceae, all increased. Syntrophomonadaceae and Syntrophaceae are key
bacteria in syntrophic methanogenesis and contain many genera that can metabolize long-
chain fatty acids (LCFAs) into acetate and hydrogen. They were significantly enriched
on the surface of the material (1.27-1.43% and 0.90-0.93%) but were rarely present in the
sludge (0.41-0.74% and <0.04%). Spirochaetaceae are apparently involved in the synergistic
acetic acid oxidative (SAO) methanogenesis process of hydrogenotrophic methanogens.
Pseudomonadaceae had the ability of extracellular electron transport and was enriched
on metal surfaces with a relative abundance of ~1% but was not found in sludge. These
microorganisms are the dominant species for other dosing of CMs, such as magnetite and
granular activated carbon, to induce the DIET process [39,40]. These microorganisms can
utilize the high conductivity of CMs to complete the DIET methanogenesis process and
induce the sludge to form a better synergistic methanogenesis process, thereby significantly
increasing the methanogenesis rate (Figure 9). The enrichment of methanogens and related
syntrophic microorganisms observed in this study through the addition of metal meshes is
an important reason for improving the methane production rate of sludge, which shows
its potential for accelerating the methane production of sludge. The metal mesh can be
applied to the AD system in the form of suspended filler, which can be easily recovered
and reused by means of sieve filtration. In this way, it is expected to realize the retention of
methanogens and syntrophic bacteria in the system and finally realize the rapid production
of methane.
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Table 1. Possible microorganisms that participate in the DIET process on metal surface.

Relative Abundance (%)

Family
Control SS-Sludge Ni-Sludge Cu-Sludge Ni-Surface Cu-Surface
Methanosaetaceae 0.63 0.14 1.96 2.82 4.53 4.29
Methanobacteriaceae 0.35 0.43 0.91 0.96 1.41 1.37
Methanosarcinaceae 0.12 0.05 0.57 0.51 0.17 0.21
Methanospirillaceae 0.06 0.02 0.05 0.21 0.70 0.82
Syntrophomonadaceae 0.74 0.41 0.48 0.58 1.27 1.43
Syntrophaceae 0.04 0.01 0.04 0.03 0.90 0.93
Pseudomonadaceae 0.04 0.02 0.10 0.03 1.01 0.74
Anaerolineaceae 1.79 1.60 8.27 4.39 8.18 6.28
Synergistaceae 0.53 3.78 1.31 1.74 1.13 1.29
Rhodocyclaceae 0.30 0.42 0.27 0.45 2.64 0.72
Spirochaetaceae 0.23 0.09 0.20 0.32 1.43 1.85
VFAs \\\
Acetic acid 3
< -
H,
2 X/ X
X .
N
CH, ¥ 5 CH,

co,

AM

Figure 9. Possible methanogenic process in metal meshes mediated AD (DIET: direct interspecies
electron transfer, EAB: electrochemical active bacteria, AM: acetotrophic methanogens, HM: hy-
drogenotrophic methanogens, Syn-M, syntrophic microorganisms).

4. Conclusions

The results of the study showed that the application of metal mesh could significantly
promote the methanogenesis process of sludge. The methane yield of sludge with the addition
of Ni mesh and Cu mesh increased the methane production by 61% and 59%, respectively.
Community and metabolic analysis found that the introduction of metal meshes significantly
enhanced the metabolic process of VFAs by promoting the growth of the syntrophic microor-
ganisms. The microorganisms involved in the DIET and synergistic methanogenesis process
were enriched, including Bacteroidetes_vadinHA17, Anaerolineaceae, Synergistaceae, Rhodocy-
claceae, and Methanosaetaceae. Comparing the effects of different metal meshes on AD, it was
found that biocompatibility was more important than electrical conductivity. The engineering
implication of metal meshes in anaerobic fermentation is that they can be recycled and reused.
This was a preliminary discussion, and more specific optimization experiments should be
carried out continuously to obtain more valuable results.
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Abbreviations

WAS  Waste activated sludge DIET Direct electron transfer process
AD Anaerobic digestion WWTPs Wastewater treatment plants
CMs  Conductive materials EAB Electrochemically active bacteria
VFAs  Volatile fatty acids VSS Volatile suspended solids

TSS Total suspended solids COD Chemical oxygen demand

SS Stainless steel PCoA Principal component analysis
PBS  Phosphate buffered saline LCFAs  Long-chain fatty acids

SAO  Synergistic acetic acid oxidative
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Abstract: A heterotrophic and autotrophic denitrification (HAD) system shows satisfactory per-
formance for groundwater with nitrate contamination. In this study, an HAD system combining
solid-phase heterotrophic denitrification and electrochemical hydrogen autotrophic denitrification
(SHD-EHD) was developed for the treatment of nitrate-contaminated groundwater, in which poly-
caprolactone (PCL) was used as the carbon source to enhance the nitrate removal performance
and prevent secondary pollution of the electrochemical hydrogen autotrophic denitrification (EHD)
system. The denitrification performance, microbial community structure and nitrogen metabolism
were investigated. The results showed that a high nitrate removal rate of 99.04% was achieved with
an influent nitrate concentration of 40 mg/L, a current of 40 mA and a hydraulic retention time
(HRT) of 4 h. By comparing the performance with the EHD system, it was found that the HAD
system with PCL promoted the complete denitrification and reduced the accumulation of NO, -N.
Analysis of the microbial community structure identified the key denitrifying bacteria: Dechloromonas,
Thauera and Hydrogenophaga. A comparison of microbial communities from SHD-EHD and solid-
phase heterotrophic denitrification (SHD) demonstrated that electrical stimulation promoted the
abundance of the dominant denitrifying bacteria and the electroactive bacteria. Analysis of the
nitrogen metabolic pathway revealed that the conversion of NO to NoO was the rate-limiting step in
the overall denitrification pathway. The SHD-EHD developed in this study showed great potential
for groundwater nitrate removal.

Keywords: nitrate; biofilm electrode reactor; hydrogen autotrophic denitrification; solid-phase
heterotrophic denitrification; microbial community

1. Introduction

Groundwater represents 99% of the world’s liquid freshwater and is the source of one
quarter of all the water used by humans [1]. Two billion people still lack access to safe
drinking water, and groundwater plays a significant role in sustainable development ac-
cording to the Sustainable Development Goals (SDGs) from the United Nations [2]. Human
production activities are the main reason for the contamination of nitrate in groundwater.
Excessive application of chemical fertilizers, uncontrolled discharge of industrial /domestic
wastewater and infiltration of waste leachate all contribute to nitrate pollution in ground-
water [3]. These contaminations not only affect water systems worldwide [4], but also
threaten human health. Nitrate can be transformed to nitrite in the human body, which may
lead to methemoglobinemia; nitrite can be further converted to nitrosamine, increasing
the risk of cancer [5]. There have been many reports of nitrate contamination around the
world, such as in eastern Nebraska in USA and in the Yellow River Delta in China [6]. The
maximum concentration of nitrate and nitrite regulated by China are 10 mg/L NO; -N and
1mg/L NO, -N, respectively (GB5749-2022).

Nitrogen in water undergoes migration and transformation under biological and
chemical processes. Denitrification is a significant process of the nitrogen cycle, as well
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as in the biological treatment of nitrate in groundwater [7]. Among various methods
for nitrate removal, biofilm electrode reactor (BER) has attracted increasing attention
due to its satisfactory performance [8,9]. However, heterotrophic denitrification has the
problem of secondary pollution caused by added organic carbon source [10]. In situ
electrochemical hydrogen production realized by BER overcomes the disadvantages of low
H, mass transfer rate of conventional autotrophic denitrification and eliminates the risks
of Hy during transportation and operation. However, the processing capacity of BER is
affected by the reactor configuration [11] and the supply of inorganic carbon sources [12].
The BER also consumes a lot of electrical energy to produce CO; and Hj. In addition,
the acclimatization of autotrophic microorganisms is time-consuming and the biofilm is
easy to shed. The difference in current intensity (I) and hydraulic retention time (HRT)
affects the number, species, activity and metabolism of microorganisms on the biofilm, thus
influencing nitrate removal rate and accumulation of nitrite [13].

To further improve the processing capacity of BER, researchers increased the cathode
surface area and adapted reactor operating conditions, such as dicyclic-type electrode
based biofilm reactor [14], upflow BER [15], and added microbial carriers such as fiber
threads [12,16] and wheat-rice stone powder [17]. In addition, researchers developed an
enhanced biofilm electrode reactor that combined autotrophic and heterotrophic denitrifi-
cation, which provided adequate inorganic carbon for autotrophic denitrification [18,19].
Moreover, it has been demonstrated that heterotrophic and autotrophic denitrification
(HAD) can be realized synergistically [16]. In an HAD system, heterotrophic denitrification
combined with autotrophic denitrification reduces the consumption of organic carbon to
some extent [18], overcoming the weaknesses of secondary pollution and blockage in the
reactor. External carbon sources currently used for HAD are mainly liquid-phase carbon
sources such as glucose, ethanol, methanol and acetate [20]. Although liquid-phase car-
bon sources are effective for heterotrophic denitrification, the dosing of carbon source is
easily influenced by fluctuations of influent quality, and the system requires complicated
online monitoring and control instruments [21]. To solve the above problems, the recently
developed solid-phase carbon source denitrification technology, which uses biodegradable
polymers as carbon sources and biofilm carriers as well, has shown a promising potential
in the removal of nitrate from groundwater. These biodegradable polymers are polymeric
compounds formed by covalent bonding of monomer substances that can easily be hy-
drolyzed by enzymes of bacteria or fungi [22,23]. Many biodegradable polymers, such as
polyhydroxyalkanoates (PHAs) [24,25], polycaprolactone (PCL) [26,27] and polybutylene
succinate (PBS) [28,29], have been used for solid-phase denitrification and have exhib-
ited satisfactory performance. However, few studies on the combination of heterotrophic
denitrification using biodegradable polymers and electrochemical hydrogen autotrophic
denitrification have been reported.

Considering the above-mentioned aspects, an HAD system with a solid-phase het-
erotrophic denitrification and electrochemical hydrogen autotrophic denitrification (SHD-
EHD) was constructed for the treatment of nitrate-contaminated groundwater. PCL was
used as the solid carbon source for denitrification. PCL is insoluble in water and has good
hydrophobicity, but it can be hydrolyzed by microbial enzymes. The amount of hydrolyzed
PCL is determined by the number of microorganisms in the reactor, so there is no need to
artificially control the dosing of PCL. In addition, the hydrolyzed products of PCL are CO,
and HO, which can continuously provide a carbon source for autotrophic denitrification.

A comparison between the start-up of the SHD-EHD and the BER was studied. The
effects of current intensity (I) and HRT on nitrate removal from groundwater by SHD-
EHD were investigated to optimize the system. Under the optimal conditions, the water
quality indices and microbial communities were studied to evaluate the transformation and
synergistic degradation mechanism of nitrate in SHD-EHD. This study aimed to provide
an effective method to remove nitrate from groundwater, which was in line with the target
of “improving water quality by reducing pollution” in the SDGs.
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2. Materials and Methods
2.1. Materials

The physical characteristics of PCL granules (Capa 6800, Solvay Corporation, Pasadena,
CA, USA) were as follows: shape (ellipsoidal), diameter (2-3 mm), average weight (0.0123 g
per piece), mass density (1.15 g/cm?), molecular weight (80,000 Da).

The simulated nitrate-contaminated groundwater (1 L deionized water) contained
0.243 g NaNOj (40 mg/L NO; -N). Appropriate amounts of mineral elements (23 mg/L
MgSO,4-7H,0, 131 mg/L NaHCO3, 13 mg/L Na,HPOy4, 158 mg/L MgCl,-6H,0O) were
added to the simulated groundwater for microbial growth.

2.2. Experimental Apparatus

The experimental apparatus consisted of a laboratory-scale SHD-EHD, a DC regulated
power supply, a peristaltic pump and two storage tanks (Figure 1). The SHD-EHD was
made by a PVC cylinder (9 cm in diameter and 29 cm in height) with an effective volume of
2 L, in which two baffles were set at the bottom and the top of the reactor to fix the electrodes
and achieve uniform water distribution. A graphite rod (1 cm in diameter and 30 cm in
length) was placed in the center of the cylindrical reactor to serve as the anode, while a 3
mm thick carbon felt was in a circle against the inner wall of the reactor as the cathode.
Carbon felt has been widely used as electrode material due to its good biocompatibility,
satisfactory conductivity and low cost [30]. The utilization of the carbon rod anode was
ascribed to its good conductivity and biochemical stability. The flow rate of influent and
effluent were controlled by a multi-channel peristaltic pump (BT600S, Leadfluid, Baoding,
China). A DC power supply (IT6302, Itech, Nanjing, China) was applied to provide constant
DC power for different operating conditions. The lower section of the reactor was filled
with plastic multifaceted hollow spheres to support PCL. As the control, SHD was the same
as SHD-EHD without current application.

Figure 1. Experimental apparatus. 1 DC Power supply; 2 Reactor; 3 Cathode: Carbon felt; 4 Anode:
Graphite rod; 5 Supporting board; 6 PCL; 7 Biofilm; 8 Peristaltic pump.

2.3. Experimental Start-Up and Operation

The experiments were divided into the following parts: EHD start-up and operation
(stage I); SHD-EHD start-up and operation (stage II). Detailed operations are presented
below. All experiments were conducted under room temperature.

EHD start-up: First, 0.5 L of activated sludge from Beihu wastewater treatment plant
(Wuhan, China) was inoculated into the EHD. In the early stage of start-up, the EHD
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was operated under the sequence batch mode without applying current. The synthetic
groundwater containing 30 mg/L NO; -N was replaced every 12 h and the pH was adjusted
to neutral. After 15 days of anaerobic cultivation, the current was applied to acclimatize
the microorganisms in the reactor. The current intensity gradually increased from 1 mA
to 100 mA, and the feed mode was changed to continuous flow with an HRT of 12 h. The
start-up was basically considered complete when nitrate removal rate reached 75%.

Stage I: The denitrification performances under different current intensities, HRT,
influent pH and influent NO; -N concentrations were tested to obtain optimal operating
conditions of the EHD, which also provided guidance for the SHD-EHD operating. The
experimental conditions and performance of the EHD were summarized in Figure S1.

SHD-EHD start-up: The collected activated sludge was first inoculated into the SHD-
EHD. Different from the EHD, the NO; -N concentration of the synthetic groundwater was
40 mg/L and replaced every 10 h during the start-up. Other procedures were the same as
EHD start-up except that the applied current intensity increased from 10 mA to 40 mA.

Stage II: The influences of current intensity and HRT on the denitrification performance
of the SHD-EHD were studied. The influent pH was controlled at about 7.5. Detailed
influent conditions were shown in Table 1.

Table 1. Operation parameters of SHD-EHD.

Days I HRT inf-NO; -N Days I HRT inf-NO; -N
(mA) (b (mg/L) (mA) (h) (mg/L)
1~8 5 10 40 1~7 40 2.5 40
9~16 10 10 40 8~14 40 3.0 40
17~25 20 10 40 15~22 40 3.5 40
26~34 30 10 40 23~30 40 4.0 40
35~43 40 10 40 31~38 40 4.5 40

The nitrate removal rate (17, %) and the denitrification rate (R, mg NO; -N/ (cm?-d))
were calculated as follows: Ca
n=—"""1%100% 1)
Co
Q% (Cop—Cy) x24
B A

where Cj is the initial NO; -N concentration (mg/L); C; is the NO;5 -N concentration at
time t (mg/L); Q is the influent flow rate (L/h); A is the cathode surface area (cm?).

R

@

2.4. Analytical Methods

Influent and effluent samples were collected and analyzed according to standard
methods. All samples were filtered using 0.45 pm filter before analyses. Concentrations
of NO; -N, NO, -N and TN were analyzed using a UV spectrophotometer (HACH, DR
5000, Loveland, CO, USA). pH was measured by a pH meter (SIN-CT6321, Sinomeasure,
Hangzhou, China). High-throughput Sequencing was conducted at Majorbio Technology
CO., LTD. (Shanghai, China) and the detailed procedures were presented in Supplemen-
tary Materials.

2.5. Chemical Equations

Chemical equations related to material conversion and mechanism were as follows:

5CH,0 + 4NOj — 2N, 4 40H~ + 5CO, + 3H,0 3)
0, +2H,O + 4~ — 40H~ (4)

2H,O +2e~ — Hy +20H~ (5)

2NO; +5H; — Nj + 4H0 + 20H™ (6)
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C+2H,0 — COp +4HT +4e™

3. Results and Discussion
3.1. Start-Up of the EHD and SHD-EHD

As showed in Figure 2, the nitrate removal rate was positively corr

@)

elated with the

current intensity during the start-up period of the EHD. When the current intensity was
adjusted to 70 mA and maintained for 7 days at an HRT of 12 h, the nitrate removal rate
could be higher than 75%, and tawny biofilm was observed on the cathode, which was

regarded as the completion of the start-up. The whole process took about 60 days.
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Figure 2. Nitrate removal rate during the start-up of (a) EHD; (b) SHD—EHD.

For the start-up of the SHD-EHD, when the current intensity was adjusted to 30 mA
and maintained for 7 days at an HRT of 10 h, the nitrate removal rate could be more than
75% and tawny biofilm was observed on both PCL and the cathode (Figure S2), which was
regarded as the completion of the start-up. The whole process took about 22 days. The

time required for the start-up of the SHD-EHD was considerably shorter

compared with

the EHD, while the required current was smaller. These results indicate that the SHD-EHD
not only achieved fast start-up to overcome the disadvantage of the long start-up of the
EHD, but also realized high removal rate in treating simulated groundwater.

3.2. Optimization of the EHD Operating Parameters

In stage I, the operating parameters such as the current intensity, HRT, influent pH and
influent NO; -N concentration of EHD were optimized. The influent NO; -N concentration
was set to 30 mg N/L. The operating parameters and overall performance of the EHD were

presented in Figure S1.

The nitrate removal rate increased with the increase of current intensity in the range

of 10~86 mA. When the current intensity was set to 86 mA, the nitrate remo
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a maximum of 90.80%. A decreasing trend was observed after the current intensity was
greater than 86 mA. This might be due to the occurrence of “hydrogen inhibition” caused
by high concentration of H, generated under high current intensity, which reduced the
microbial activity [31]. The NO, -N accumulation kept growing as the current intensity
increased from 10 mA to 90 mA (Figure S3).

When HRT < 9 h, the nitrate removal rate was positively correlated with HRT, rising
from 43.33% to 90.12%. When HRT > 9 h, the influence of HRT on the nitrate removal rate
was gradually weakened. The nitrate removal rate and the effluent NO, -N concentration
remained stable (Figure S4).

The pH range suitable for the EHD was weakly alkaline (pH 7.45-8.1) (Figure S5). The
EHD had a buffering capacity for pH variations due to CO, production by electrolysis of
the carbon rod anode (Figure S6).

When the influent NO; -N concentration was lower than 40 mg/L, the removal
amount of NO; -N increased markedly with the increase of influent NO; -N concentration.
When the NO; -N concentration was 40~60 mg/L, the removal amount of NO; -N still in-
creased but the increase rate was much smaller. The removal amount of NO; -N decreased
when the concentration of influent NO; -N was higher than 60 mg/L (Figure S7).

To sum up, the optimal operating parameters for the EHD in this study were as
follows: current intensity of 86 mA~96 mA; HRT of 9 h; influent pH of 7.45~8.1; influent
NO; -N concentration of 40 mg N/L. Under these conditions, the nitrate removal rate
ranged from 80% to 90%, while both the effluent NO; -N concentration and the effluent
NO, -N concentration was 4~6 mg/L. This provided a reference for the following study of
the range of the current and HRT for SHD-EHD.

3.3. Effect of Current Intensity on Performance of the SHD-EHD

As shown in Figure 3, the NO; -N and TN concentrations in the effluent gradually
declined with the growth of current intensity under an HRT of 9 h. When the current
intensity increased from 5 mA to 40 mA, the nitrate removal rate increased from 50.30% to
86.53% and the TN removal rate increased from 15.30% to 78.72%. The main reason for the
growth of the nitrogen removal rate was that the boost of current intensity promoted the
generation of Hy on the cathode and CO; on the anode, which served as the electron donor
and inorganic carbon source for the autotrophic microorganisms, respectively. In addition,
the increase of current intensity could facilitate the activity of denitrification microorgan-
isms [16] and stimulate the activity of nitrate reductase in autotrophic microorganisms [32],
thus enhancing the utilization of Hy by autotrophic microorganisms and improving the
denitrification rate of the SHD-EHD. When the current intensity increased from 30 mA
to 40 mA, the increase in the nitrate removal rate was not obvious. Further increase of
current intensity might cause a waste of electrical energy. Moreover, the applied current
intensity should not be too high to inhibit the bacterial activity; it was confirmed that high
current density (>320 mA /m?) would inhibit the activity of microorganisms in a SHD-EHD
system [16]. With the rising current, the concentration of NO, -N in the effluent gradually
increased from 0.2 mg/L to 0.62 mg/L. The possible reasons were as follows: short HRT
and insufficient electron donor lead to incomplete denitrification; nitrite reductase was
less capable of competing for electrons than nitrate reductase. Therefore, in an unstable
environment, denitrifying bacteria tended to use NO; -N as the terminal electron acceptor
instead of NO, -N, leading to the accumulation of NO, -N.
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Figure 3. Concentrations of NO5 -N, TN and NO, -N, nitrate removal rate in the SHD—EHD at
different current intensities.

3.4. Effect of HRT on Performance of the SHD-EHD

As shown in Figure 4, the effluent concentrations of NO; -N, NO, -N and TN all
declined with the increase of HRT. When the HRT increased to 4 h, the effluent NO, -N
concentration was low and the nitrate removal rate reached 90%. With the extension of
HRT, the nitrogen removal rate of the SHD-EHD improved obviously.

HRT is one of the key parameters of an SHD-EHD system, which determines the
treatment capacity of the reactor at a certain influent flow rate. The longer the HRT, the
more the bacteria can remove NOj -N. In the study of the EHD, 92.36% of NO; -N could
be removed at an HRT of 9 h when the influent NO; -N concentration was 30 mg/L. The
nitrate removal rate of the SHD-EHD achieved 94.02% at an HRT of 4 h when the influent
NO; -N concentration was 40 mg/L. Obviously, the SHD-EHD could enhance the nitrate
removal rate.
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Figure 4. Concentrations of NO5 -N, TN and NO, -N, nitrate removal rate in the SHD—EHD at
different HRT.

3.5. pH Variation

Figure 5 shows the pH variation of the SHD-EHD under different current intensity
and HRT. It could be seen that the effluent pH remained between 7 and 8.25. The effluent
pH reduced from 8.22 to 7.05 when the current intensity increased from 5 mA to 40 mA.
The effluent pH increased from 7.44 to 8.25 when the HRT boosted from 2.5 h to 4.5 h.
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Figure 5. Variation of pH under different (a) Current intensities; (b) HRT.

According to the calculation, the removal of 1 mol NO; -N produced 3.57 mg of
alkalinity (CaCQOj3). Therefore, the pH in the reactor would increase as the treatment
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proceeded. However, the effluent pH showed small fluctuations and finally stabilized
between 7 and 8.25, indicating that the SHD-EHD had good pH buffering capacity. Possible
reasons were as follows:

e H*' and CO, were generated by the electrochemical reaction between the carbon rod
anode and H,O. The generated H* neutralized the alkalinity produced by denitrifica-
tion, while the CO, combined with OH™ in water and existed in the form of HCOy3,
which endowed the reactor with good pH buffering capacity;

e  Solid-phase heterotrophic denitrification could also produce CO,, which reacted
with OH™ to reduce the alkalinity. This also provided a stable pH favorable for
denitrification.

3.6. Denitrification Performance of the SHD-EHD under Optimal Conditions

From the above nitrate removal and NO, -N accumulation study, it could be concluded
that the optimal condition of the SHD-EHD was as follows: current intensity of 40 mA,
HRT of 4 h, influent pH of 7.4~7.5 and influent NO; -N concentration of 40 mg/L. The
SHD-EHD was operated under this condition for 43 days, and the results are shown in
Figure 6. Under the optimal condition, the nitrate removal rate of the SHD-EHD was
above 90% and the highest nitrate removal rate reached 99.04%. The effluent NO; -N
concentration ranged from 1.41 mg/L to 3. 76 mg/L and the effluent NO, -N concentration
ranged from 0.27 mg/L to 0.62 mg/L. Compared with the EHD, the SHD-EHD was able to
obtain a higher nitrate removal rate in a shorter HRT. The SHD-EHD reactor also increased
the denitrification rate and reduced the NO, -N concentration in the effluent (Figure 7).
It indicated that the addition of PCL facilitated the removal of NO; -N and enhanced the
complete denitrification in groundwater. These results demonstrate that the SHD-EHD
could effectively remove NO; -N.
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Figure 6. Denitrification performance of SHD—EHD under optimal conditions (I = 40 mA, HRT =
4h, pH =7.4~75, inf-NO; -N =40 mg/L).

A comparison of nitrate removal rate in different HAD systems was presented in
Table 2. The SHD-EHD in this study achieved a satisfactory nitrate removal rate within a
much shorter HRT when the influent NO; -N concentrations were similar. Tong et al. [33]
filled the reactor with pine sawdust and haycite as solid carbon sources and biocarriers; the
HRT required to achieve satisfactory nitrate removal rate was longer than the SHD-EHD
in this study. This might be due to the fact that some natural biopolymer materials were
difficult to be utilized by microorganisms. A previous study suggested that denitrification
rates using lignocellulosic materials as electron donors were usually lower than those of
conventional liquid-phase organics (such as glucose and ethanol) [34] while PCL could
reach a similar performance to liquid-phase organics. In most reported studies, biodegrad-
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able polymers as carbon sources achieved higher denitrification performance than that
of natural biopolymer materials [26]. Compared with the results of Tong et al. [16], PCL
as the carbon source of HAD required much shorter HRT and lower current intensity,
which might be due to a shortage of methanol, or because the liquid-phase carbon source
dosage was difficult to control. However, PCL could provide a sufficient carbon source
for denitrification via continuous hydrolysis by microorganisms. Furthermore, PCL also
acted as a biological carrier to increase the biomass in the reactor, which was conducive to
the denitrification.
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Figure 7. Comparison of denitrification rates of SHD—EHD and EHD under optimal conditions
(I=40 mA, HRT =4 h, pH = 7.4~7.5, inf-NO; -N = 40 mg/L).

Table 2. Comparison with other denitrification systems.

. - Removal External
Reactors inf-NO3 -N  Current HRT Rate Carbon Cathode and Anode Material Reference
(mg/L) (mA) (h) o
(%) Source
ine cathode: stainless steel mesh
HEAD-PBR 25 100 18 99.70 p anode: Ti/RuO, [33]
sawdust . . . .
biological carrier: haycite
cathode: stainless steel mes
HAD-BER 50 60 8 99.90 methanol hanode: stainless steel bar [16]
biological carrier: cotton fibers
cathode: carbon felt
SHD-EHD 40 40 4 99.04 PCL anode: graphite rods This study
biological carrier: PCL
cathode/anode: carbon rods
3DBER-SAD 35 60 12 92.00 . biological carrier: activated 35]

carbon
electron donor: sulfur

Compared with the SHD-EHD constructed in this study (Table 3), the conventional hy-
drogen autotrophic denitrification reactors required more energy consumption; the energy
consumption of the SHD-EHD was reduced by 71.15-95.41% compared to them [36-38],
which was 44.09% lower than the EHD in this study. These results indicated that the SHD-
EHD could significantly reduce the energy consumption. In addition, although the energy
consumption of the SHD-EHD was slightly higher than that of the HAD-BER with liquid
carbon source [16], the SHD-EHD with PCL as a solid carbon source could be operated
continuously without supplementing the carbon source, reducing the maintenance and
operation costs.
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bl

Table 3. Comparison of energy consumption with previous denitrification systems.

Energy Consumption

Reactor Type Denitrification Type (kWh/kg NO; -N) Reference
multi-electrode BER Hydrogen autotrophic 70 [36]
3D-BER Hydrogen autotrophic 440 [37]
two-chambe BES Hydrogen autotrophic 200 [38]
EHD Hydrogen autotrophic 36.11 This study
Heterotrophic/
HAD-BER hydrogen autotrophic 20 [16]
Heterotrophic/ .
SHD-EHD hydrogen autotrophic 20.19 This study

3.7. Analysis of Microbial Community Structure

The 16S rRNA high-throughput sequencing was performed on the samples collected
from the SHD-EHD (b1) and the solid-phase heterotrophic denitrification reactor (SHD)
(b2), respectively, to investigate the abundance and diversity of the microbial communities.
The bacterial community structures were also identified at the phylum and genus levels.
The Venn diagram (Figure 8a) shows that the operational taxonomic units of the two
samples bl and b2 were 175 and 533, respectively, indicating that a large number of species
in the SHD-EHD system were eliminated. The abundance indices (Ace and Chao) of the
SHD were much higher than that of the SHD-EHD (Figure 8b), which suggests the similar
conclusion that the microbial diversity homogeneity of the SHD reactor was significantly
higher than that of the SHD-EHD. Nevertheless, the denitrification performance of the
SHD-EHD was better than the SHD, which might be due to the electrical stimulation that
promoted the proliferation of dominant denitrifying bacteria and electroactive bacteria.
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Figure 8. (a)Venn diagram; (b) Diversity indexes of samples from SHD-EHD and SHD.

At the phylum level, microbial community composition and abundance were exhibited
in Figure 9a. Proteobacteria was the dominant phylum (86.81%) in the SHD-EHD reactor. As
previously reported, many types of denitrifying bacteria, such as Thauera, Hydrogenophaga,
Alcaligenes and Dechloromonas, were affiliated with Proteobacteria [33]. In addition, as
Proteobacteria in the SHD-EHD consisted of as high as 86.81% of the abundance; other phyla
had a low abundance. In contrast, the phyla distribution in the SHD was more uniform,
in which the abundance of the dominant phyla Proteobacteria, Bacteroidota and Chloroflexi
reached 44.48%, 22.22% and 17.83%, respectively. It could be concluded that denitrifying
bacteria could effectively adapt to a electrical environment and kept proliferating while
bacteria without such ability was finally eliminated by electrical selection and lost in the
competition with denitrifying bacteria. Therefore, high nitrate removal rate in the SHD-
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EHD was achieved by high abundance of electrically enriched denitrifying bacteria. The
results demonstrated that the bacterial community composition in the SHD-EHD could
bring better nitrate removal rate, which reflects the significance of enriching denitrifying
bacteria through electrical stimulation.

At the class level, most of the sequences in the SHD-EHD and the SHD belonged to
16 classes, among which Gammaproteobacteria, Bacteroidia, Alphaproteobacteria, Anaerolineae
and Chloroflexia were the main ones (Figure 9b). Gammaproteobacteria had the largest pro-
portion of all classes in both samples. The relative abundance of Gammaproteobacteria in
SHD-EHD and SHD were 72.93% and 39.04%, respectively. Gammaproteobacteria included
many denitrifying bacteria [39]; therefore, the abundance of Gammaproteobacteria was posi-
tively correlated with the denitrification performance. This suggested that the addition of
PCL not only provided carbon source for denitrification, but also promoted the enrichment
of denitrifying bacteria.

At the genus level, the main denitrifying bacteria in the SHD-EHD mainly included
Dechloromonas, Thauera, Hydrogenophag and Acidovorax (Figure 9c). Dechloromonas was the
dominant genus with the highest abundance in the SHD-EHD, which could use organic
carbon sources as electron donors to reduce O,, nitrate and nitrite under anoxic condi-
tion [40,41]. The relative abundance of Dechloromonas in the SHD-EHD increased compared
to the SHD, probably due to the electrical stimulation that promoted its activity and im-
proved its ability to utilize organic carbon sources. Thauera could not only utilize organic
matters as carbon sources for heterotrophic denitrification, but also could use H; as an elec-
tron donor for hydrogen autotrophic denitrification [42]. The relative abundance of Thauera
in the SHD-EHD and the SHD were 14.56% and 3.82%, respectively, indicating that electrical
stimulation facilitated the enrichment of Thauera. Therefore, the SHD-EHD constructed in
this study achieved autotrophic-heterotrophic synergistic denitrification. Hydrogenophaga
in the SHD-EHD was from the Comamonadacea family, which was able to use H; for au-
totrophic growth [43]. H; generated at the cathode could be utilized by Hydrogenophaga.
The inorganic carbon generated during the heterotrophic denitrification provided carbon
sources for the growth of Hydrogenophaga. In consequence, the heterotrophic denitrifying
bacteria could facilitate the growth of Hydrogenophaga in the SHD-EHD. Acidovorax with a
relative abundance of 4.29% in the SHD-EHD had the ability to oxidize H; for denitrifica-
tion [44]. In addition, small amounts of Rhodopseudomonas (3.21%) and Alishewanella (1.77%)
were also found in the biofilm sample from the SHD-EHD. Rhodopseudomonas was able to
fix nitrogen, produce Hj and fix CO, [45]; it could remove NO; -N probably by biological
nitrogen fixation in denitrification system [46]. It was reported that Alishewanella had the
ability to reduce NOj -N [47]. In this study, the relative abundance of Stenotrophomonas was
0.04% in the SHD and 2.47% in the SHD-EHD, which demonstrated that H, generated by
electrolysis promoted the enrichment of Stenotrophomonas. Moreover, it was reported that
Stenotrophomonas could shuttle electrons generated during the oxidation of substrates via
electron mediators or direct contact with the electrode. Denitratisoma was also found in the
two reactors. A previous study showed that the accumulation of NO, -N was low in an
HAD system, owing to the high abundance of Denitratisoma in which the nitrite reductase
could facilitated the reduction of NO, -N [43].

In addition, there were some genera that had the abilities of degrading biodegradable
polymer and denitrification. The denitrifying genus Acidovorax in the SHD-EHD was
capable of both autotrophic denitrification and metabolism of PCL because of its potential
to hydrolyze ester bonds [48,49]. This enabled Acidovorax to be enriched by an order of
magnitude in the SHD-EHD, where PCL served as the solid carbon source. Moreover,
the enrichment of Bacteroidetes might facilitate the hydrolysis of PCL, thus releasing small
molecule carbon sources more favorable to denitrifying bacteria [50].
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Figure 9. Relative abundance of samples at (a) Phylum level; (b) Class level; (c) Genus level.

3.8. Analysis of Metabolic Pathway

The nitrogen metabolic pathway was predicted by combining the gene data from the
metagenome sequencing results with the nitrogen metabolism information from the KEGG
database (Figure 10). Four related denitrifying enzymes appeared in both samples, which
were iso-nitrate reductase (narG, narH and napA), nitrite reductase (nirK and nirS), nitric
oxide reductase (norB and norC) and nitrous oxide reductase (nosZ). The abundance of
enzymes in the SHD-EHD was higher than in the SHD, representing more active denitrifi-
cation in the SHD-EHD. According to previous results, the SHD-EHD displayed a better
nitrate removal rate. Therefore, electrical stimulation increased the activity of nitrate reduc-
tase and nitrite reductase, which was consistent with former study [13]. Nitrate reductases
were represented by membrane-bound nitrate reductase (narG and narH) and periplasmic
nitrate reductase (napA). Although napA was a peritroplasmic nitrate reductase, its dis-
tance from the outer membrane was shorter than that of narG and narH, and it could be
connected to external electron flow [51]. Therefore, the expression of napA was expected
to increase at a high current intensity. However, the expression of napA decreased while
narG and narH expression increased at high current intensity. This might be due to the
gene regulation, which had not evolved for adapting to the change of carbon source [52], or
narG and narH increased the electron utilization for the reduction of NO; -N, rather than
for respiration.

NosZ was proposed to be the rate-limiting step in the whole denitrification pathway.
The low expression of nosZ might lead to the accumulation of N,O. The accumulation of
denitrifying intermediates except N,O was not observed. The gene expression data of nitrite
reductase was in correspondence with the effluent NO, -N concentration. The accumulation
of NO, -N was not observed after NO; -N was reduced to NO, -N at all current intensities,
representing that the expression of nirK and nirS gradually increased to saturation with the
increase of current intensity. The nitrite reductase byproduct NO might not accumulate
because it was unstable and was easily converted to N,O or other forms through abiotic
processes. In addition, the expression data of norB and norC suggested that bioconversion
of NO to N>O might have been greatly activated. Finally, from the accumulation of N,O
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and the low expression of nosZ, it was concluded that the transformation of NO to N,O
was the rate-limiting step in the whole denitrification pathway.
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narH 12,630 4,252 nasB 35 23 vl 2
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Figure 10. Nitrogen metabolism pathway analysis.

3.9. Material Conversion and Mechanism

As a biodegradable polymer, PCL could be decomposed by microbial enzymes. In the
SHD-EHD, the PCL acted as an electron donor for heterotrophic denitrification Equation (3)
and the carrier for the attachment of microorganisms as well. The decomposition product
CO; could be used as the carbon source for autotrophic denitrification.

In the lower part of the SHD-EHD, dissolved oxygen was consumed by electrochem-
ical reaction Equation (4), creating an anoxic environment for denitrifying bacteria. At
the same time, H, generated through electrolysis served as the electron donor for au-
totrophic denitrification Equations (5) and (6). The anodic carbon rod was oxidized to
generate CO, Equation (7), offering the carbon source required for autotrophic denitrifica-
tion for denitrifying bacteria. Autotrophic denitrification was the main process of inorganic
carbon consumption.

As described above, the SHD-EHD was a collaborative system combining multiple
processes. The possible pathway of material transformation in the SHD-EHD was listed as
follows (the transformation approach in the SHD-EHD was shown in Figure 11):

1. Insitu Hy production at the cathode was consumed for autotrophic denitrification.

2. NOj and NO, produced by electrochemical denitrification and incomplete denitrifi-
cation were transformed into Ny mainly by heterotrophic and autotrophic
denitrification.

3. Part of NO; -N was assimilated by microorganisms and transformed to organic
nitrogen.

4. PCL could be hydrolyzed by microorganisms into an organic carbon source that could
be easily utilized by heterotrophic microorganisms.

5. Organic carbon was transformed into inorganic carbon by microbial hydrolysis,
metabolism and heterotrophic denitrification, which provided a carbon source for
autotrophic denitrification, thus achieving synergistic heterotrophic and autotrophic
denitrification in the SHD-EHD.

Efficient material transformation was achieved by the combination of solid-phase
heterotrophic denitrification and electrochemical hydrogen autotrophic denitrification.
Satisfactory nitrate removal performance and low concentrations of by-products were
realized, providing a novel and efficient method for nitrate removal.
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Figure 11. Denitrification mechanism in the SHD—EHD: (1) Electrochemical denitrification reduction;
(2) Heterotrophic denitrification; (3) Hydrogen autotrophic denitrification; (4) Hydrolysis of PCL.

4. Conclusions

In summary, a heterotrophic denitrification coupled with electro-autotrophic denitrifi-
cation system was developed for treating nitrate-contaminated groundwater, in which PCL
served as the carbon source. Under the optimal condition (influent nitrate concentration
of 40 mg/L, current intensity of 40 mA and HRT of 4 h), a high nitrate removal rate of
99.04% could be realized. Compared with the EHD, the SHD-EHD with PCL facilitated the
complete denitrification and reduced the accumulation of NO, -N. Dechloromonas, Thauera
and Hydrogenophaga were identified as the key denitrifying bacteria in the SHD-EHD.
Comparison of microbial communities from the SHD-EHD and the SHD revealed that
electrical stimulation boosted the abundance of the dominant denitrifying bacteria and
the electroactive bacteria. The conversion of NO to N,O was the rate-limiting step in the
overall denitrification pathway, according to the analysis of the nitrogen metabolic pathway:.
The SHD-EHD developed in this study shows promising potential for the removal of
nitrate from groundwater. However, further study on the generation of intermediate gases
and synergistic removal with other pollutants in the SHD-EHD is required to explain the
detailed nitrate removal mechanisms of the SHD-EHD.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/w14111759/s1, Figure S1: Denitrification performance of EHD
under optimal conditions; DNA extraction and Illumina MiSeq sequencing; Figure S2: SEM of carbon
felt in SHD-EHD: (a) bare carbon felt; (b) carbon felt after reaction; Figure S3: Effect of different
current on NO; -N and NO, -N concentrations; Figure S4: Effect of different HRT on NO; -N and
NO, -N concentrations; Figure S5: Effect of different pH on NO; -N and NO, -N; Figure Sé: Effect of
influent pH on anode, cathode and effluent pH of EHD; Figure S7: Effect of different inf-NO; -N on
NO; -N and NO; -N concentrations.

Author Contributions: Conceptualization, X.T.; methodology, S.Y.; investigation, S.Y.; resources, X.T.
and S.Z.; writing—original draft preparation, S.Y. and L.L.; writing—review and editing, X.T. and
L.L.; supervision, X.T.; funding acquisition, X.T. All authors have read and agreed to the published
version of the manuscript.

Funding: This research was funded by the National Natural Science Foundation of China
(No. 21806126) and the Fundamental Research Funds for the Central Universities (WUT.20191VB031).

Informed Consent Statement: Not applicable.
Data Availability Statement: Not applicable.

Acknowledgments: The advice of microbial analysis from Hao-Jin Peng in School of Civil Engineer-
ing and Architecture, Wuhan University of Technology, China is gratefully acknowledged.

134



Water 2022, 14, 1759

Conflicts of Interest: The authors declare no conflict of interest.

References

1. United Nations. The United Nations World Water Development Report 2022: Groundwater: Making the Invisible Visible.
Available online: https://digitallibrary.un.org/record /3967679?In=zh_CN (accessed on 23 March 2022).

2. Arjen, H,; Ashok, C.; Pieter, V.O. Advancing Water Footprint Assessment Research: Challenges in Monitoring Progress towards
Sustainable Development Goal 6. Water 2017, 9, 438.

3.  Ghafari, S.; Hasan, M.; Aroua, M.K. Effect of carbon dioxide and bicarbonate as inorganic carbon sources on growth and
adaptation of autohydrogenotrophic denitrifying bacteria. . Hazard. Mater. 2009, 162, 1507-1513. [CrossRef] [PubMed]

4. Ballantine, K.A.; Groffman, PM.; Lehmann, J.; Schneider, R.L. Stimulating nitrate removal processes of restored wetlands. Environ.
Sci. Technol. 2014, 48, 7365-7373. [CrossRef]| [PubMed]

5. Garcia-Segura, S.; Lanzarini-Lopes, M.; Hristovski, K.; Westerhoff, P. Electrocatalytic reduction of nitrate: Fundamentals to
full-scale water treatment applications. Appl. Catal. B: Environ. 2018, 236, 546-568. [CrossRef]

6. Wang, H.; Chen, N.; Feng, C.; Deng, Y. Insights into heterotrophic denitrification diversity in wastewater treatment systems:
Progress and future prospects based on different carbon sources. Sci. Total Environ. 2021, 780, 146521. [CrossRef]

7. Liang, J.; Chen, N.; Tong, S.; Liu, Y.; Feng, C. Sulfur autotrophic denitrification (SAD) driven by homogeneous composite particles
containing CaCO3-type kitchen waste for groundwater remediation. Chemosphere 2018, 212, 954-963. [CrossRef]

8. Feng, H.; Huang, B.; Zou, Y,; Li, N.; Wang, M.; Yin, J.; Cong, Y.; Shen, D. The effect of carbon sources on nitrogen removal
performance in bioelectrochemical systems. Bioresour. Technol. 2013, 128, 565-570. [CrossRef]

9. Molognoni, D.; Devecseri, M.; Cecconet, D.; Capodaglio, A.G. Cathodic groundwater denitrification with a bioelectrochemical
system. . Water Process Eng. 2017, 19, 67-73. [CrossRef]

10. Tang, Y.; Ziv-El, M.; Meyer, K.; Zhou, C.; Shin, ].H.; Ahn, C.H.; McQuarrie, J.; Candelaria, D.; Swaim, P; Scott, R.; et al. Comparing
heterotrophic and hydrogen-based autotrophic denitrification reactors for effluent water quality and post-treatment. Water Supply
2012, 12, 227-233. [CrossRef]

11. Kiss, I.; Szekeres, S.; Bejerano, T.T.; Soares, M.LM. Hydrogen-dependent denitrification: Preliminary assessment of two bio-
electrochemical systems. Water Sci. Technol. 2000, 42, 373-379. [CrossRef]

12. Zhao, Y.X,; Feng, C.P.; Wang, Q.H.; Yang, Y.N.; Zhang, Z.Y.; Sugiura, N. Nitrate removal from groundwater by cooperating
heterotrophic with autotrophic denitrification in a biofilm-electrode reactor. |. Hazard. Mater. 2011, 192, 1033-1039. [CrossRef]
[PubMed]

13. Liu, H.Y;; Tong, S.; Chen, N.; Liu, Y.; Feng, C.P.; Hua, Q.L. Effect of electro-stimulation on activity of heterotrophic denitrifying
bacteria and denitrification performance. Bioresour. Technol. 2015, 196, 123-128. [CrossRef] [PubMed]

14.  Zhai, S.Y.; Ji, M.; Zhao, Y.X; Pavlostathis, S.G.; Zhao, Q. Effects of salinity and COD/N on denitrification and bacterial community
in dicyclic-type electrode based biofilm reactor. Chemosphere 2018, 192, 328-336. [CrossRef] [PubMed]

15.  Ghafari, S.; Hasan, M.; Aroua, M.K. Nitrate remediation in a novel upflow bio-electrochemical reactor (UBER) using palm shell
activated carbon as cathode material. Electrochim. Acta 2009, 54, 4164-4171. [CrossRef]

16. Tong, S.; Zhang, B.; Feng, C.; Zhao, Y.; Chen, N.; Hao, C.; Pu, J.; Zhao, L. Characteristics of heterotrophic/biofilm-electrode
autotrophic denitrification for nitrate removal from groundwater. Bioresour. Technol. 2013, 148, 121-127. [CrossRef]

17.  Liu, H.Y.,; Hu, Q.L. Analysis of denitrification performance and microbial community structure in a bio-electrochemical reactor
under different current densities with wheat-rice stone powder. Water Reuse 2022, 12, 66-77. [CrossRef]

18.  Zhao, Y.X;; Zhang, B.G.; Feng, C.P; Huang, FY.; Zhang, P.; Zhang, Z.Y,; Yang, Y.N.; Sugiura, N. Behavior of autotrophic
denitrification and heterotrophic denitrification in an intensified biofilm-electrode reactor for nitrate-contaminated drinking
water treatment. Bioresour. Technol. 2012, 107, 159-165. [CrossRef]

19. Zhang, ] M.; Feng, C.P; Hong, S5.Q.; Hao, H.L.; Yang, Y.N. Behavior of solid carbon sources for biological denitrification in
groundwater remediation. Water Sci. Technol. 2012, 65, 1696-1704. [CrossRef]

20. Ribera-Guardia, A.; Kassotaki, E.; Gutierrez, O.; Pijuan, M. Effect of carbon source and competition for electrons on nitrous oxide
reduction in a mixed denitrifying microbial community. Process Biochem. 2014, 49, 2228-2234. [CrossRef]

21. Wang, J.L.; Chu, L.B. Biological nitrate removal from water and wastewater by solid-phase denitrification process. Biotechnol. Adv.
2016, 34, 1103-1112. [CrossRef]

22.  Zhong, Y.; Godwin, P; Jin, Y.; Xiao, H. Biodegradable polymers and green-based antimicrobial packaging materials: A mini-review.
Adv. Ind. Eng. Polym. Res. 2020, 3, 27-35. [CrossRef]

23. RameshKumar, S.; Shaiju, P.; O’Connor, K.E. Bio-based and biodegradable polymers—State-of-the-art, challenges and emerging
trends. Curr. Opin. Green Sustain. Chem. 2020, 21, 75-81. [CrossRef]

24. Mergaert, J.; Boley, A.; Cnockaert, M.C.; Muller, W.R.; Swings, J. Identity and potential functions of heterotrophic bacterial isolates
from a continuous-upflow fixed-bed reactor for denitrification of drinking water with bacterial polyester as source of carbon and
electron donor. Syst. Appl. Microbiol. 2001, 24, 303-310. [CrossRef] [PubMed]

25. Chu, L.B.; Wang, ].L. Denitrification of groundwater using PHBV blends in packed bed reactors and the microbial diversity.
Chemosphere 2016, 155, 463—470. [CrossRef] [PubMed]

26. Li, P; Zuo, J.E.; Wang, Y.].; Zhao, ].; Tang, L.; Li, Z.X. Tertiary nitrogen removal for municipal wastewater using a solid-phase

denitrifying biofilter with polycaprolactone as the carbon source and filtration medium. Water Res. 2016, 93, 74-83. [CrossRef]

135



Water 2022, 14, 1759

27.

28.

29.

30.

31.

32.

33.

34.

35.

36.

37.

38.

39.

40.

41.

42.

43.

44.

45.

46.

47.

48.

49.

50.

51.

52.

Zhang, Q.; Ji, F; Xu, X. Effects of physicochemical properties of poly-¢-caprolactone on nitrate removal efficiency during
solid-phase denitrification. Chem. Eng. ]. 2016, 283, 604—613. [CrossRef]

Shen, Z.Q.; Yin, Y.N.; Wang, ].L. Biological denitrification using poly(butanediol succinate) as electron donor. Applied Microbiol.
Biotechnol. 2016, 100, 6047-6053. [CrossRef]

Wu, W.Z,; Yang, L.H.; Wang, J.L. Denitrification using PBS as carbon source and biofilm support in a packed-bed bioreactor.
Environ. Sci. Pollut. Res. 2013, 20, 333-339. [CrossRef]

Cui, Y.; Lai, B.; Tang, X.H. Microbial Fuel Cell-Based Biosensors. Biosensors 2019, 9, 18. [CrossRef]

Singh, B.K.; Quince, C.; Macdonald, C.A.; Khachane, A.; Thomas, N.; Abu Al-Soud, W.; Sorensen, S.J.; He, Z.L.; White, D.; Sinclair,
A.; et al. Loss of microbial diversity in soils is coincident with reductions in some specialized functions. Environ. Microbiol. 2014,
16, 2408-2420. [CrossRef]

Jian-Cha, W. Enhanced Removal of Nitrogen and Phosphorus in 3DBER Filled with Sponge Iron and Activated Carbon. China
Water Wastewater 2014, 209, 57-64. [CrossRef]

Peng, T.; Feng, C.P.; Hu, WW.,; Chen, N.; He, Q.C.; Dong, S.S.; Xu, Y.X.; Gao, Y.; Li, M. Treatment of nitrate-contaminated
groundwater by heterotrophic denitrification coupled with electro-autotrophic denitrifying packed bed reactor. Biochem. Eng. J.
2018, 134, 12-21. [CrossRef]

Shen, Z.; Zhou, Y.; Wang, ]. Comparison of denitrification performance and microbial diversity using starch/polylactic acid
blends and ethanol as electron donor for nitrate removal. Bioresour. Technol. 2013, 131, 33-39. [CrossRef] [PubMed]

Hao, R.X.; Meng, C.C.; Li, ].B. An integrated process of three-dimensional biofilm-electrode with sulfur autotrophic denitrification
(3DBER-SAD) for wastewater reclamation. Appl. Microbiol. Biotechnol. 2016, 100, 7339-7348. [CrossRef] [PubMed]

Sakakibara, Y.; Nakayama, T. A novel multi-electrode system for electrolytic and biological water treatments: Electric charge
transfer and application to denitrification. Water Res. 2001, 35, 768-778. [CrossRef]

Zhou, M.; Fu, W.; Gu, H.; Lei, L. Nitrate removal from groundwater by a novel three-dimensional electrode biofilm reactor.
Electrochim. Acta 2007, 52, 6052-6059. [CrossRef]

Pous, N.; Koch, C,; Vila-Rovira, A.; Balaguer, M.D.; Colprim, J.; Muehlenberg, J.; Mueller, S.; Harnisch, F.; Puig, S. Monitoring and
engineering reactor microbiomes of denitrifying bioelectrochemical systems. Rsc Adv. 2015, 5, 68326—68333. [CrossRef]

Feng, T.; Wu, J.; Chai, K.; Liu, E. Effect of Pseudomonas sp. on the degradation of aluminum/epoxy coating in seawater. J. Mol.
Lig. 2018, 263, 248-254. [CrossRef]

Horn, M.A; Ihssen, J.; Matthies, C.; Schramm, A.; Acker, G.; Drake, H.L. Dechloromonas denitrificans sp nov., Flavobacterium
denitrificans sp nov., Paenibacillus anaericanus sp. nov and Paenibacillus terrae strain MH72, N20O-producing bacteria isolated
from the gut of the earthworm Aporrectodea caliginosa. Int. J. Syst. Evol. Microbiol. 2005, 55, 1255-1265. [CrossRef]

Coates, ].D.; Chakraborty, R.; Lack, ].G.; O’Connor, S.M.; Cole, K.A.; Bender, K.S.; Achenbach, L.A. Anaerobic benzene oxidation
coupled to nitrate reduction in pure culture by two strains of Dechloromonas. Nature 2001, 411, 1039-1043. [CrossRef]

Zhang, YW.; Wei, D.Y.; Morrison, L.; Ge, Z.B.; Zhan, X.M.; Li, R.H. Nutrient removal through pyrrhotite autotrophic denitrification:
Implications for eutrophication control. Sci. Total Environ. 2019, 662, 287-296. [CrossRef] [PubMed]

Xu, Z.S.; Dai, X.H.; Chai, X.L. Biological denitrification using PHBV polymer as solid carbon source and biofilm carrier. Biochem.
Eng. J. 2019, 146, 186-193. [CrossRef]

Vasiliadou, I.A.; Pavlou, S.; Vayenas, D.V. Dynamics of a chemostat with three competitive hydrogen oxidizing denitrifying
microbial populations and their efficiency for denitrification. Ecol. Model. 2009, 220, 1169-1180. [CrossRef]

Karpinets, T.V,; Pelletier, D.A.; Pan, C.L.; Uberbacher, E.C.; Melnichenko, G.V.; Hettich, R.L.; Samatova, N.F. Phenotype Finger-
printing Suggests the Involvement of Single-Genotype Consortia in Degradation of Aromatic Compounds by Rhodopseudomonas
palustris. PLoS ONE 2009, 4, e4615. [CrossRef] [PubMed]

Du, L.; Trinh, X.; Chen, Q.R.; Wang, C.; Wang, H.H.; Xia, X.; Zhou, Q.H.; Xu, D.; Wu, Z.B. Enhancement of microbial nitrogen
removal pathway by vegetation in Integrated Vertical-Flow Constructed Wetlands (IVCWs) for treating reclaimed water. Bioresour.
Technol. 2018, 249, 644-651. [CrossRef]

Morris, ].M.; Jin, S.; Crimi, B.; Pruden, A. Microbial fuel cell in enhancing anaerobic biodegradation of diesel. Chemical Eng. |.
2009, 146, 161-167. [CrossRef]

Nalcaci, O.O.; Boke, N.; Ovez, B. Potential of the bacterial strain Acidovorax avenae subsp avenae LMG 17238 and macro algae
Gracilaria verrucosa for denitrification. Desalination 2011, 274, 44-53. [CrossRef]

Mcllroy, S.J.; Kirkegaard, R.H.; Mcllroy, B.; Nierychlo, M.; Kristensen, ].M.; Karst, S.M.; Albertsen, M.; Nielsen, PH. MiDAS 2.0:
An ecosystem-specific taxonomy and online database for the organisms of wastewater treatment systems expanded for anaerobic
digester groups. Database ]. Biol. Databases Curation 2017. [CrossRef]

Zhang, D.Y.; Vahala, R.K.; Wang, Y.; Smets, B.F. Microbes in biological processes for municipal landfill leachate treatment:
Community, function and interaction. Int. Biodeterior. Biodegrad. 2016, 113, 88-96. [CrossRef]

Simpson, PJ.L.; Richardson, D.J.; Codd, R. The periplasmic nitrate reductase in Shewanella: The resolution, distribution and
functional implications of two NAP Isoforms, NapEDABC and NapDAGHB. Microbiology. SGM 2010, 156, 302-312. [CrossRef]
Doan, T.V; Lee, TK,; Shukla, S.K.; Tiedje, ].M.; Park, J. Increased nitrous oxide accumulation by bioelectrochemical denitrification
under autotrophic conditions: Kinetics and expression of denitrification pathway genes. Water Res. 2013, 47, 7087-7097. [CrossRef]
[PubMed]

136



. water @\py

Article

Electrode Microbial Communities Associated with Electron
Donor Source Types in a Bioelectrochemical System Treating
Azo-Dye Wastewater

Zechong Guo >3, Lu Zhang !, Min-Hua Cui >** and Aijie Wang 25*

School of Environmental and Chemical Engineering, Jiangsu University of Science and Technology,
Zhenjiang 212100, China; guozechong@just.edu.cn (Z.G.); avavip@126.com (L.Z.)

State Key Laboratory of Urban Water Resource and Environment, Harbin Institute of Technology,
Harbin 150090, China

Jiangxi Jindalai Environmental Protection Co., Ltd., Nanchang 330100, China

School of Environmental and Civil Engineering, Jiangnan University, Wuxi 214122, China

Key Laboratory of Environmental Biotechnology, Research Center for Eco-Environmental Sciences,
Chinese Academy of Sciences, Beijing 100085, China

*  Correspondence: cuiminhua@jiangnan.edu.cn (M.-H.C.); waj0578@hit.edu.cn (A.W.)

Abstract: Bioelectrochemical systems (BESs) have been acknowledged to be an efficient technology
for refractory pollution treatment. An electron donor is as an indispensable element of BES, and
domestic wastewater (DW) has been proved as a cost-efficient and accessible alternative option
to expensive carbon sources (such as acetate and glucose), yet its effect on microbial community
evolution has not been thoroughly revealed. In this study, the electrode microbial communities
from BESs treating azo dye wastewater fed by DW (Rpw), acetate (Ra.), and glucose (Rgy,) were
systematically revealed based on 16S rRNA Illumina MiSeq sequencing platform. It was found
that there were significant differences between three groups in microbial community structures.
Desulfovibrio, Acinetobacter, and Klebsiella were identified as the predominant bacterial genera in Rpy,
Rac, and Ry, respectively. Methanosaeta, the most enriched methanogen in all reactors, had a relative
lower abundance in Rpy, Microbial communities in R and Rg, were sensitive to electrode polarity
while Rpy was sensitive to electrode position, Compared with pure substrates, DW increased the
diversity of microbial community and, thus, may enhance the stability of electrode biofilm. This
study provides an insight into the microbial response mechanism to the electron donors and provides
engineering implications for the development of BES.

Keywords: bioelectrochemical system (BES); electron donor source; canonical correspondence
analysis; microbial community structure

1. Introduction

Electrochemical technologies are proved as an efficient method for contamination
remediation by electrochemical oxidation and electrochemical reduction processes [1,2].
However, the high cost and extreme operating conditions impede wide applications in the
practical scene. Considering the cost-efficient and feasibility of large-scale capability, bio-
logical treatment is still the most widely used wastewater treatment technology. However,
it was difficult to satisfy the stricter discharging standard due to the low efficiency and
complicated manipulation, especially in treating refractory industrial wastewaters, such as
azo dye wastewater, chemical wastewater, etc. Introducing electrochemical technology into
conventional biological facilities seems to be a potential strategy to deal with wastewater
issues [3]. The bioelectrochemical system (BES) is a rapidly developing technology that
inherits both the advantages of electrochemical and biological processes. The feasibility and
superiority of implementing BES to remediate pollution have been verified in covering azo
dyes, nitro compounds and metals reduction, and dehalogenation [4]. Among them, azo
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dye decolorization is one of the most successful applications of BES in industrial wastew-
ater treatments. Due to the presence of external circuit, the electron transfer process was
obviously enhanced and resulted in fast decolorization compared to traditional anaerobic
process. For now, several pioneer works have confirmed the feasibility of the practical
application of BES technology [4]. However, more efforts are required to promote the indus-
trialized application of BES, such as evaluating the performance under practical scenario,
exploring the mechanism of microbial functional stabilization, reducing the operational
cost of BES technology, etc.

In a BES, electrochemical active microorganisms (EAMs) play an important role by
involving extracellular electron transfer. Electrons are produced by anode respiration
bacteria oxidizing organic matters and transferred to the cathode to drive reduction ac-
tions. These EAMs can serve as a biocatalyst to decrease applied voltage and increase
reaction efficiency. Thus, to maintain a stable microbial community structure capable
of achieving efficient electron transfer, pollutant degradation is crucial to the success-
ful operation of a BES. In addition to some common physical and chemical influencing
factors [5-10] in BES, the microbial community structure might also be influenced by some
special operation parameters, such as electrode position and polarity [4,11], salinity and
COD/N [12], applied voltage [13], organic loading rates, and electron donors. In previous
studies, simple and pure carbon sources such as acetate, glucose, and yeast extract are
commonly employed to support BES’s operation, but they comprise diseconomy and are
impracticable to access in the large-scale application scene. To decrease operating costs,
various organic wastes/wastewater were proposed to serve as alternative electron donors
to drive bioelectrochemical reactions. Among them, domestic wastewater (DW) has been
proved to be a cost-effective yet highly efficient electron donor source in a BES treating
azo dye wastewater in our previous study [14]; nevertheless, the characteristics of the
microbial community structure of electrode biofilm with DW as a carbon source has not
been thoroughly revealed. Therefore, this study systematically analyzed the effects of
various electron donors (including acetate, glucose, and DW) on microbial community
structure by conducting 165 rRNA Illumina Miseq sequencing and evaluated the feasibility
and superiority of DW as electron donor at the level of microbial community evolution.

2. Materials and Methods
2.1. Reactor Configuration and Operation

Three identical cylindrical reactors were manufactured with plexiglass [14]. Each one
had a working volume of approximately 1.25 L (ID x L =8 cm x 25 cm) (see Figure 1).
Two pairs of electrodes were installed into the reactor, from the bottom to the top, which
was arranged as down-cathode, down-anode, up-cathode, and up-anode with the distance
of 2.5 cm between each electrode. Both anodes and cathodes were constructed by granular
graphite (diameter from 3 to 6 mm) with 8 cm in diameter and 4 cm in height, producing
the total electrode volume of 200 cm®. Before use, granular graphite was washed by soaking
in 32% HCI four times to remove foreign materials [15]. The graphite rod (® = 4 mm)
penetrated the electrode zone and worked as an electron collector. A saturated calomel
electrode (SCE, +247 mV vs. standard hydrogen electrode) was used as the reference
electrode. During all experiments, a voltage of 0.5 V was supplied between the anode and
cathode by a DC power supply. A 10 () resistor was connected in series into the electric
circuit. The voltages across this resistor were recorded every 10 min by a data acquisition
system (Keithley 2700), which were automatically converted to the current according to
Ohm law.
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Figure 1. Schematic representation of the reactor [14].

All three reactors were startup in batch mode. Effluent collected from a long-term
operated single chamber BES was amended with sodium acetate (NaAc, 1000 mg/L) and
acid orange 7 (AO7, 200 mg/L) as the inoculum solution. In the first batch operation cycle,
50 mL anaerobic activated sludge (SS of 35.57 mg/L and VSS of mg/L) was also added
into the reactors to strengthen the biomass. After that, the inoculum solution was replaced
every two days. When a stable current output was observed, the reactors were consid-
ered to be successfully started up. Subsequently, the operation of reactors was changed
to continuous flow mode. The hydraulic retention times for all reactors were set at 6 h
throughout the experiment. Domestic wastewater (DW) collected from a local sewage well
was filtered by a 400-mesh sieve to remove particles that might block the interspace of
electrodes. The COD of the filtrated DW was detected as 309 & 18 mg/L in all experiments,
total nitrogen of 59.38 £ 1.54 mg/L, ammonium of 49.68 £ 5.29 mg/L, total phosphorus of
13.14 & 1.43 mg/L, sulfate of 88.90 £ 11.33 mg/L, chloride of 67.41 £ 18.04 mg/L, alka-
linity of 217 £+ 75 mg-CaCOs/L, and pH of 7.39 £ 0.07. DW was then amended with
AQO7 (200 mg/L) as the influent of one reactor (Rpw). As the controls, the other two re-
actors were fed with synthetic wastewater with acetate (Ra.) and glucose (Rgy,) as the
electron donor sources, respectively, which contributed the same COD as that in DW. In
addition to the electron donor sources, synthetic wastewater comrpised AO7 (200 mg/L)
and other minerals, as reported previously [16].

2.2. Chemicals and Analytical Method

The liquid samples were collected every day. AO 7 was used as the model azo dye
(purity > 95%, Shanghai Sangon Biotech Co., Ltd., Shanghai, China). Liquid samples
taken from reactors were immediately filtered through the 0.45 pum filters (Tianjin Jinteng
Experiment Equipment Co., Ltd., Tianjin, China). AO7 concentration was quantified by a
UV-Vis spectrophotometer (UV-1800, Shanghai Meipuda instrument Co., Ltd., Shanghai,
China) at a wavelength of 484 nm. COD was quantified by the HACH method.

2.3. Biofilm Sampling and High-Throughput 165 rRNA Gene Illumina MiSeq Sequencing

After operating those reactors for more than 200 days, biofilms along with graphite
particles were collected from anodes and cathodes, respectively. Graphite particles of each
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electrode were sampled from at least 6 positions in different heights and combined for
DNA extraction.

Amplicon libraries were constructed by Illumina Miseq PE 250 using universal primers
515F (5'-GTGCCAGCMGCCGCGGTAA-3) and 806R (5'-GGACTACHVGGGTWTCTAAT-3').
Both forward and reverse primers were added with barcodes. PCR amplification, products
purification and quantification, and sequencing were carried out by using the Illumina MiSeq
platform in The Beijing Genomics Institute (BGI).

3. Results and Discussion
3.1. Performance of BESs Served with Different Electron Donor Source

The BESs fed with domestic wastewater (Rpy), glucose (Rgy), and acetate (Rac)
presented similar and commendable decolorization efficiency (>98%) with azo dye AO
7 loading rates increased from 200 to 800 g/(m?-d). The COD consumptions among
the three reactors were significantly different despite influent COD concentrations being
controlled at a parallel level. The highest COD removal efficiency of Ra. was 39.89 £ 1.95%
followed by Rgy, of 34.01 & 2.20%, and lowest COD removal efficiency was recorded in Rpw
(19.56 £ 3.21%). Given the different yet similar electrons from COD oxidation used for azo
dye decolorization, Rpy showed the highest electrons utilization efficiency. In Rgjy and Ra,
more electrons were lost in the unwanted parallel routes, such as biomass production and
methanogenesis. By decreasing electron donor concentrations from 300 to 80 mg-COD/L,
the decolorization efficiencies of Rgy, and Ra. obviously deteriorated to 85.85 & 2.33%
and 72.41 £ 1.37%, respectively, which was still kept at 94.91 £+ 1.55% in Rpy. The
preferable performance of Rpy under lower electron donation conditions emphasized that
DW could serve as a cost-efficient electron donor source to drive BES for implementing the
decolorization of azo dye [14].

3.2. Overall Microbial Community Structures

[lumina sequencing platform was employed to analyze microbial communities from
12 electrode biofilms of three reactors, the nomenclature and alpha diversity were shown in
Table 1. Approximate 30,000 high-quality sequences were obtained from each sample
(Figure 2). Significantly more operational taxonomic units (OTUs) were observed in
samples fed with DW, followed by glucose and acetate, respectively. It indicated that
microbial diversity highly depended on the complexity of the electron donor source. The
estimated species richness abundance-based coverage estimator (ACE) and Chaol were
also consistent with this trend, which was significantly higher in Rpy samples than that in
Rac and Rgyy (p < 0.05). It implied that more species were found in Rpy. Shannon index
was employed to evaluate the evenness of the samples and reflected that the microbial
communities from Rpy showed better evenness. It was also confirmed by the lowest
Simpson index obtained in Rpy samples.

Principal component analysis (PCA) demonstrated that samples from the same reactor
clustered together and presented high similarity of the microbial communities (Figure 3). It
is reasonable considering the process of varied electron donor source utilization. Acetate
is the simplest one and can be directly utilized as an electron donor. Glucose would
be fermented into volatile fatty acids and then be utilized by microbes. DW metabolic
processes involve hydrolysis, acidogenesis, acetogenesis, and methanogenesis, which are
operated by diverse consortia.
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Table 1. Nomenclature and alpha diversity of 12 microbial communities.

Mark Sample Name Number of OTU Chao 1 ACE Shannon Simpson
Sequences
C1 Rpw down-cathode 29,514 649 699 715 4.29 0.04
Cc2 Rpw down-anode 28,786 625 662 682 423 0.04
C3 Rpw up-cathode 31,281 539 592 609 3.67 0.07
C4 Rpw up-anode 30,224 577 629 644 3.79 0.06
(@) Rac down-cathode 33,033 335 356 373 2.80 0.17
Cé6 Rac down-anode 34,760 346 400 408 3.10 0.11
c7 Ra¢ up-cathode 35,182 398 468 455 3.12 0.15
C8 Rac up-anode 33,810 351 388 415 3.30 0.08
(@) Rgpy down-cathode 32,182 376 421 438 3.23 0.13
C10 Rgu down-anode 30,776 387 464 469 3.63 0.06
Cl11 Rgy up-cathode 31,687 354 383 393 3.30 0.12
C12 Rgy up-anode 31,257 402 463 483 3.29 0.10
700
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Figure 2. Rarefaction curves of the microbial communities.

Hierarchical cluster analysis was used to identify the differences of 12 microbial
communities, as shown in Figure 4. Overall, microbial communities from Ra. and Rgjy
were relatively similar and separated from the Rpw group, suggesting clear distinctions
of community structure between the complex feeding reactor and simple one. This was
consistent with PCA results. In Ra. and Rgy,, the microbial communities from the same
polarity of electrode biofilm clustered together even though they were located in a different
position. It indicated that the electrode polarity was the major influence factor on the
microbial community structures from electrode biofilms in Ra. and Rgy,. It was different in
Rpw where position rather than polarity seems to be the dominant influence factor on the
microbial communities. It can be deduced that the electron donor source was a dominant
factor that influenced the microbial community structure of electrode biofilms. Simple
carbon source (NaAc and glucose) was more likely to be utilized by electricigens, which
led to a decrease in diversity and an increase in similarity of biofilm microbial community
structure. While serving a complex carbon source (DW), electron production requires a
long and complicated metabolic pathway constructed by a more diversified microbial
community structure.
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Figure 3. Principal component analysis (PCA) of microbial communities from different electron
donor sources feeding BESs.
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Figure 4. Hierarchical cluster analysis of microbial communities 12 biofilm samples.

3.3. Microbial Community Structures at Phylum, Class, and Family Levels

Microbial community structures from 12 samples were compared at phylum, class,
and family levels (Figure 5). As it can be seen, the carbon source significantly altered the
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microbial community structure. A total of 11 phyla with relative abundance >1% were
identified as shown in Figure 5A. Bacteroidetes, Firmicutes, and Proteobacteria were the
dominant member. Bacteroidetes was the most enriched phylum in Rpyw with an average
abundance of 31.92 £ 3.31%, which was followed by 7.15 £ 1.99% and 11.52 =+ 3.22% in R,
and Rgy, respectively. Bacteroidetes were widely reported in BESs [17]. Firmicutes were
enriched in Rg, with a relative abundance of 32.65 + 7.18%. Firmicutes were frequently
identified from BES that fed glucose as a carbon source [18,19]. Proteobacteria were the
absolute dominant phylum in Ra. (47.22 £ 18.13%), which were 29.69 £ 11.45% and
29.67 £ 17.59% in Rpw and Rgy,, respectively. In addition, Synergistota was the other
relative enriched phylum with the abundances of 3.96 £ 0.98, 2.64 + 2.84, and 1.31 &+ 1.12%
in Rpw, Rac, and Rgyy, respectively. It is worth noting that Synergistota seems to be enriched
in the anode biofilm. Especially in Ra. and Ry, that feed with a simple carbon source,
the relative abundance of Synergistota in the anode biofilm was one order of magnitude
higher than the corresponding cathode. It seems to imply that the phylum of Synergistetes
was relevant to the anodic respiration and extracellular electron transfer; however, there
was no solid evidence to confirm this, and a deep investigation is required for illumination.
A total of 18 classes were identified from 12 biofilm samples (relative abundance >1%, as
shown in Figure 5B). A-proteobacteria with the relative abundance of 23.23 4= 11.12% was the
dominant member and followed by y-proteobacteria (5.48 £ 1.06%) in biofilms from Rpyy,
and y-proteobacteria was the dominant class in R (33.46 £ 12.95%). While Bacilli, y- and
d-proteobacteria were found to be the dominant member in biofilms in Rgy, with a relative
abundance of 22.40 £ 9.67%, 18.23 £ 13.33%, and 9.89 & 2.93%, respectively.
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Figure 5. Microbial community comparison at phylum (A) and class (B) level.
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3.4. Potential Function of Dominant Genera

An in-depth characterization of microbial community was performed at a genus level.
Thirty-one genera with relative abundance >1% in the twelve microbial communities are
shown in Table 2. Geobacter, a typical exoelectrogen, was found to be the dominant member
in all anodic biofilms with the relative abundance in a range of 6.75% and 14.15%, which
was higher than their corresponding cathodic biofilms. Geobacter sulfurreducens was the first
reported strain in which microbial electricity production occurred solely by cells attached
to an electrode [20]. In addition, the azo dye reduction capability of Geobacter has also been
discovered [21].

Table 2. Microbial community comparison at genus level.

Genus C1 C2 C3 (@] C5 (@3 Cc7 C8 Cc9 C10 C11 C12
Methanosaeta 0.70 0.27 19.00 16.46 37.25 26.26 35.83 15.43 17.29 4.84 18.94 18.51
Acinetobacter 1.53 1.67 1.68 2.03 18.76 32.89 18.26 38.51 0.74 2.57 1.38 2.50
Pseudomonas 0.55 0.48 0.51 0.86 2.05 7.80 5.21 8.35 0.59 4.99 1.46 3.54

Geobacter 1.65 14.15 0.46 11.84 1.71 8.35 0.35 6.75 0.26 8.02 0.12 7.68
Arcobacter 0.04 0.08 0.04 0.08 1.09 5.14 1.23 8.76 0.07 0.75 0.11 0.32
Thermovirga 0.16 0.03 2.16 1.86 6.34 0.16 1.98 0.29 0.47 0.09 0.52 0.07
Desulforhabdus 0.19 0.32 1.49 1.73 4.90 0.76 2.70 0.28 0.31 0.01 0.39 0.14
Desulfovibrio 13.96 11.99 6.30 8.31 1.88 0.16 2.00 0.26 4.71 4.84 6.50 2.23
Desulfobulbus 4.34 3.82 0.15 2.16 0.29 0.07 0.18 0.07 1.00 0.55 0.51 0.36
Methanobacterium 0.26 0.04 8.07 0.03 0.05 0.02 1.04 0.04 0.43 0.07 1.81 0.45
Parabacteroides 2.19 3.51 0.88 1.32 - 0.02 0.01 0.01 0.15 0.36 0.10 0.13
Desulfuromonas 0.12 3.93 0.36 2.90 0.02 0.00 0.01 0.04 0.48 0.05 0.24 0.01
Klebsiella 1.24 0.82 1.07 0.78 0.02 0.04 0.04 0.01 3.24 17.43 2.44 15.33
Acetobacterium 1.30 1.65 0.17 0.51 - - 0.00 - 4.87 7.27 3.28 1.22
Aeromonas 2.52 1.04 0.82 0.69 0.02 0.21 0.05 0.13 0.89 4.03 0.62 3.16
Denitrovibrio - 0.02 - 0.02 0.01 0.03 0.01 0.02 0.04 5.94 0.01 1.01
Fusibacter 0.31 0.54 0.29 0.20 0.04 0.70 0.17 0.21 0.08 341 0.12 2.94
Proteiniphilum 1.00 0.52 2.35 1.86 0.30 0.43 0.48 0.13 1.01 0.18 2.22 0.17
Cloacibacillus 1.40 1.18 1.04 0.57 0.19 0.32 0.71 0.20 1.17 0.16 1.91 0.23
Mangroviflexus 2.58 0.39 0.10 0.06 - - - - - 0.01 - -
Anaerovorax 1.22 0.56 0.73 0.51 0.52 0.38 0.60 0.48 0.23 0.19 0.14 0.12
Methanocorpusculum — 2.02 0.29 - 0.01 0.01 0.00 0.04 0.00 1.12 0.10 0.18 0.09
Methanosarcina 1.05 0.20 0.17 0.63 2.76 0.49 0.29 0.56 0.06 0.01 0.10 0.02
Shewanella 0.53 0.50 0.32 0.22 0.03 0.14 0.09 0.13 0.80 2.38 0.62 1.50
Comamonas 0.31 0.43 0.13 0.31 0.32 0.56 0.26 2.08 0.08 0.49 0.11 0.65
Methanospirillum 0.24 0.01 0.89 0.00 0.04 0.01 0.25 0.00 1.82 0.19 0.97 0.06
Lactococcus 0.09 0.07 0.10 0.15 0.47 1.44 211 1.62 0.14 0.41 0.60 0.93
Bacteroides 0.10 0.15 0.03 0.03 - 0.00 0.02 0.01 0.29 1.16 0.21 0.65
Bacillus 0.04 0.05 0.04 0.13 0.42 1.31 2.00 1.44 0.06 0.34 0.79 1.03
Sulfurospirillum 0.07 0.02 0.02 0.01 0.00 0.00 - - 0.03 1.59 0.01 0.09
Flavobacterium 0.04 0.03 0.01 0.03 0.12 0.69 0.33 2.89 0.02 0.08 0.03 0.06
Unclassified 49.70 44.25 43.67 36.64 15.93 8.01 18.17 7.63 49.76 21.83 47.64 28.93
Others * (<1%) 8.53 6.99 6.95 7.09 4.48 3.59 5.58 3.66 7.80 5.69 5.89 5.85

Dominant genera (>5%) in electrode biofilms were bolded; #: genus relative abundance less than 1% were classified as

“Others”; “0.00”: genus that identified yet low relative abundance; “-”: genus that were undetected in electrode biofilms.

In the Rpw group, Desulfovibrio was enriched (13.96, 11.99, 6.30, and 8.31%) compared
to Rac and Rgpy. Desulfovibrio has been proved as a functional genus for extracellular
electron transfer (EET) and azo dye reduction [22,23]. It was interesting that the Desulfovibrio
relative abundance of the microbial community was more sensitive to the electrode position
rather than polarity, which was selectively enriched in the biofilms collected from down
position electrodes. It is reasonable considering that this genus can grow with a broad
range and as complex organic matters with electron donors [24], and it is adaptable to the
complex composition of DW.

Acinetobacter is non-fermentive and capable of growth in mineral media with acetate
as the sole carbon source [25]. It seems to be the reason that Acinetobacter was the dominant
member in all samples from the Ra. group. Acinetobacter was selectively enriched in anodic
biofilm with relative abundances of 32.89 and 38.51%, which decreased to 18.76 and 18.26%
in cathodic ones. It strongly implied that Acinetobacter was involved in electrode respira-
tion; however, we failed to find out an explicit report to confirm the direct link between
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Acinetobacter and EET. Acinetobacter presented function in azo dye decolorization [26].
Pseudomonas, a reported exoelectrogen as well as an azo dye decolorizing genus, was
selected enriched in anodic biofilms (7.80% and 8.35%) versus cathodes (2.05% and 5.21%),
which can produce phenazine-based metabolites to stimulate EET [27,28]. In addition,
Arcobacter was another exoelectrogen that had high relative abundances in R electrodes
(1.09%, 5.14%, 1.23%, and 8.76%). It has been verified that they were neither fermented
nor oxidized carbohydrates, yet organic and amino acids could be utilized as carbon
sources [29,30].

In the Rgyy, group, Klebsiella was the dominant member with relative abundances of
17.43% and 15.33% in anodes and one order of magnitude lower (3.24% and 2.44%) in
cathodes. It is a functional genus of EET and azo dye reduction [31,32]. Acetobacterium was
an enriched genus in Rgy, group, with relative abundances of 4.87%, 7.27%, 3.28%, and
1.22%. Acetobacterium was not proved for its function in EET or azo dye reduction; however,
it was an acetogenic microbe and can produce acetate by oxidizing glucose [33].

In terms of archaea, Methanosaeta was the predominant methane producer that special-
izes in only using acetate for methane production. No growth on or methane production
from H, /CO,, formate, methanol, ethanol, trimethylamine, isobutanol, or isopropanol [34]
was observed. This explains the enrichment of Methanosaeta on the R biofilms (37.25%,
26.26%, 35.83%, and 15.43%). The relative abundances of Methanosaeta were lower in the
Rpw and Rgy, groups and relatively enriched in the down electrode biofilms. Both DW
and glucose should be fermented in acetate to create a favorable condition for Methanosaeta
metabolism so that they are relatively enriched on the up electrodes. The recent literature
indicated Methanosaeta is able to acquire electrons from exoelectrogen (e.g., Geobacter) by
direct interspecies electron transfer process [35,36]. In addition, Methanosaeta was found to
be a dominant member in a microbial community from an anaerobic baffled reactor treating
dyes wastewater, which implied it could tolerate the toxicity of the dyes and possibly be
involved in dye removal. Other methane producers, Methanobacterium, Methanocorpusculum,
Methanosarcina, and Methanospirillum, were found but with quite lower relative abundances
in 12 biofilms.

Canonical correspondence analysis (CCA) was employed to evaluate the effect of
electron donor source types on the microbial community structures, as shown in Figure 6.
The arrow direction of acetate was positively correlated with the horizontal canonical axis,
and DW and glucose were located in the middle of the second and third quadrant of the
cartesian coordinate. The separation of three electron donor sources indicated the relatively
independent selective pressure. Mangroviflexus stood in the DW direction and far away
from the origin, and its enrichment was highly sensitive to DW. It was a dominant genus in
the rural household biogas digesters and played a crucial role in reducing and oxidizing
reactions to bio-degrade organic matters [37]. Parabacteroides was an obligately anaerobic
species from wastewater of a paper mill [38]. Desulfuromonas was able to oxidize complex
organics such as long-chain fatty acids and use tetrachloroethylene, trichloroethylene,
and Fe(Ill) as electron acceptors [39,40]. Klebsiella had a function of EET from glucose
oxidation [41]; thus, it was enriched on the anodes from Rgy,,. Acinetobacter, Arcobacter, and
Flavobacterium were highly sensitive to the acetate.

The comparisons of the dominant genera that were identified from BESs fed with
various electron donor sources are summarized in Table S1 [42-45]. It is quite clear that
the genera with a function of extracellular electron transfer, such as Geobacter, Pseudomonas,
Desulfovibrio, and Klebsiella, were enriched in the electrode microbial community. Those
genera seemed to endow an electrochemical activity of the electrode biofilms. Specific
genus was enriched based on the characteristics of the substrate. Comamonadaceae was
enriched in a BES with phenol as the substrate [45], and Klebsiella was enriched in this work
with domestic wastewater as the electron donor.
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Figure 6. Canonical correspondence analysis for electron donor sources and functional genera from
electrode microbial communities.

4. Conclusions

Employing domestic wastewater as electron donor source to drive bioelectrochemical
reaction was feasible and cost-efficient. In this study, the electrode microbial communities
from bioelectrochemical systems fed with domestic wastewater (Rpyw), acetate (Rac), and
glucose (Rgy,) were systematically revealed. Similar decolorization performances were
observed among three BESs, while the microbial community structures were quite different.
Microbial diversity highly depended on the complexity of the electron donor source, and
significantly more OTUs were observed in Rpy compared to Ry, and Ra.. Bacteroidetes,
Firmicutes, and Proteobacteria were identified as the dominated phyla in Rpw, R,
and Ra, respectively. Desulfovibrio, Acinetobacter, and Klebsiella were identified as the
predominant bacterial genera in Rpw, Ra, and Rgy, respectively. Typical exoelectrogen
Geobacter was found to be enriched in the anodes’ biofilms among three BES reactors.
Methanosaeta was the most enriched methanogen in all reactors. This study provides an
insight in the microbial response mechanism to the electron donor sources and provides
great inspiration to bring bioelectrochemical technology closer to applications.

Supplementary Materials: The following supporting information can be downloaded at:
https:/ /www.mdpi.com/article/10.3390/w14091505/s1, Table S1: Comparison of dominant genera
fed with various electron donor sources.
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Abstract: In phosphate buffer, the degradation of ATZ by ozone/(O3/H,0,) under various circum-
stance was explored and the degradation mechanism and dynamics were probed. The findings
revealed that when maintaining the reaction temperature at 25 °C, the HyO, concentration and the O
concentration were 20 mol/L and 20 mol/L, respectively. Moreover, the degradation rate of 5 mol/L
ATZ under the influence of O3/H;O, was 92.59% in phosphate buffer at pH7. The mechanism
analysis showed that HOe and O3 underwent co-oxidized degradation and that the HOe and O3
oxidation degradation ratios were close to 1:1 under acidic conditions. Furthermore, HOe oxidative
degradation dominated the ATZ degradation process. The kinetics analysis showed that the ATZ
kinetics of O3 /H,O, degradation were more compatible with quasi-second-order reaction kinetics
under different temperatures, pH values, and H,O, concentrations.

Keywords: ozone; hydrogen peroxide; atrazine; degradation mechanism; kinetics

1. Introduction

Atrazine (ATZ, common molecular formula: CgH14CIN5) is now the world’s second
most extensive herbicide, with cheap cost, low toxicity, and good weeding properties [1,2].
Since it is considered to be one of the most polluting pesticides, seven European countries,
including Germany, France and Sweden, banned the use of atrazine in 2007 [3]. Atrazine
consumption is reported to be between 80,000 tons on average per year worldwide [4].
Nevertheless, China’s yearly atrazine consumption has been estimated to be greater than
108 tons [5]. Although not very toxic, ATZ is structurally stable and is often found in water
resources due to its long half-life (30-100 days) [6]. A survey has shown that the residual
concentration of atrazine in most bodies of water in China is 1-20 pg/L, and the mass con-
centration of atrazine detected in some lakes and streams in many EU countries is between
0.1-30.3 nug/L [7]. Buster et al. investigated 18 lakes in Sweden, and the test results show
that atrazine exists in the waters, and the highest mass concentration reaches 4 pug/L [8].
ATZ can migrate and be transformed within different environmental media, such as water,
atmosphere, and soil. Overland runoff, lixiviating, and dry and wet deposition are the
most typical methods by which ATZ reaches the aquatic environment [9,10].

The harmful effects of ATZ on various organisms in nature are mainly manifested in
the interference of ATZ in the normal operation of the endocrine system and its causing
organisms to produce toxic reactions. From the viewpoint of Sun et al. [11], ATZ with a
concentration of 10 mg/L or above inhibited the germination rate of rice seeds. Fu et al. [12]
found that an ATZ concentration of 0.125 mg/cm? inhibited the embryonic development of
the red-eared turtle. The research of Bellona et al. [13] suggests that ATZ has considerable
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effects on the growth of the mature F1 mouse brain during a vital and sensitive stage,
resulting in a change in behavioral development trajectories. Stradtman et al. [14] reported
that atrazine use in the United States and the rest of the world constitutes a substantial
threat to life, health, and the environment due to its neurotoxicity properties and to its
being an endocrine-disrupting compound and a reproductive toxin. Sagarkar et al. [15]
studied how a battery of nuclear and mitochondrial-encoded genes involved in oxidative
phosphorylation (OXPHOS) were affected by short-term atrazine treatment in human
liver (HepG2) and rat muscle (L6) cell lines. The results showed that the EC50 amount of
atrazine for mitotoxicity in HepG2 and L6 cells was around 0.162 and 0.089 mM, respectively.
Mitochondrial dysfunction could be introduced by atrazine induction. According to the
study by Marcus et al. [16], as a result of exposure to a dose of atrazine, the proportion of
pups that emerged, the proportion of adults that emerged, and adult survival all decreased.
Atrazine sped up the development of the flies, causing them to pupate and emerge earlier
than the controls. Therefore, the residual ATZ in the environment has attracted the attention
of many scholars [17,18].

In recent years, studies have found that SO, (2.5~3.1 V) has a higher redox potential
than HOe (2.3~2.7 V), since it can efficiently remove organic pollutants and it is less affected
by the water quality environment. Therefore, persulfate (PS) has attracted the attention
of many researchers. The most important of its forms are peroxymonosulfate (PMS) and
peroxodisulfate (PDS). Phosphate is an excellent buffer in the degradation of ATZ by
O3/PMS. In addition, pH has a significant effect on the degradation of ATZ by O3/PMS.
The degradation efficiency under alkaline conditions is much better than that under acidic
conditions. Phosphate can stimulate PMS to produce SO, , which shows that the excitation
effect under acidic conditions is better than that under alkaline conditions. Furthermore,
the phosphate system alone has no degradation effect on ATZ. Studies have shown that
O3 has a better degradation effect on ATZ in the phosphate system, and PMS alone has
a degradation effect on ATZ in the phosphate buffer system. Under the same conditions,
using NaOH to adjust the pH, PMS has no degradation effect on ATZ [19].

At the moment, various ozone (Os)-based AOPs have been shown to be able to effectively
degrade ATZ in water, including ozonation [20], ferrosilite /O3 [21], UV /O3 /ultrasound [22],
peroxide [23], photo-fenton and photo-fenton-like processes [24], and photocatalysis [25].
Among these technologies, the UV/Ojz-based ATZ water treatment method is more eco-
friendly and more suitable for many kinds of wastewater [20]. Wen et al. indicated that
the UV/O3/US process can effectively degrade atrazine in manufacturing wastewater [26].
However, there are few reports on the degradation of ATZ by O3/H,0;, even though
some studies have shown that the O3/H,O, system has been used in the treatment of
water pollution and that it has shown excellent degradation ability for pollutants in actual
treatment [27,28]. Therefore, this paper investigates the effect of O3 /H;O, on ATZ in a
phosphate buffer system under different conditions. Through the obtained experimental
results, the mechanism of ATZ degradation in the system and the kinetic model of ATZ
degradation are discussed. This study thereby contributes to the further enrichment of the
chemical processing technology of ATZ.

2. Materials and Methods
2.1. Reagents and Instruments

Reagents: All reagents used in the experiments were of analytical grade unless oth-
erwise specified: methyl alcohol for chromatography, caustic soda, sodium phosphate
monobasic, sodium nitrite, TBA (tertiary butanol), hydrogen peroxide (H,O, > 30%), ATZ
purchased from Aladdin Co., Ltd. (Shanghai, China), and oxygen with a purity greater
than 99%.

Instruments: HPLC (Waters 2695-2996); electronic balance; laboratory pH-meter of
Shanghai Lei Magnetic Co., Ltd. (Shanghai, China) (PHSJ-3F); KH5 200 DB CNC ultrasonic
cleaner; Ultrapure Water Polishing System from ULUPURE Co., Ltd. (Chengdu, China);
intelligent constant temperature bath (DC-1030); constant temperature magnetic stirrer
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(78HW-1); and a laboratory O3 generator from Harbin Jiujiu Electrochemical Engineering
Technology Co., Ltd. (Harbin, China) (DHX-55-1G).

2.2. Experimental Scheme
2.2.1. Solution Preparation

In this experiment, ultrapure water (resistivity 18.24 M()-cm) was used to prepare
ATZ mother liquor with a concentration of 100 umol/L, 0.2 mol/L of NaH;PO4 solution,
0.2 mol/L of NaOH solution, 0.01 mol/L of NaNO, solution, 0.01 mol/L of H,O, solution,
and 8 g/L of tert-butanol solution. Table 1 shows the preparation methods for the pH6,
pH?7, and pHS8 phosphate buffers (both to 1 L). The phosphate buffer (PB) solution was used
to adjust the pH of the reaction, so that the pH value was constant at 7 (except for the single
factor of pH). We compared the pH of the reaction system to 6.26 and 6.58 after the reaction
was completed when the initial pH of the reaction system was adjusted by NaOH to 7 and
8, respectively. The main reason for the pH change was that the initiation and participation
of O3 by OH- decomposes the chain reaction, and the chain reaction consumes the amount
of OH- in the reaction system, causing the pH of the reaction system to drop and become
acidic. The chain reaction is then terminated, and PB has the function of maintaining the
pH of the solution.

Table 1. The preparation method for the NaH,PO,-NaOH buffer.

pH 0.2 mol/L NaH,PO4-NaOH (mL) 0.2 mol/L NaOH (mL)
6 250 28.50
7 250 148.15
8 250 244.00

2.2.2. Experimental Scheme of ATZ Degradation by O3/H,0,

The degradation efficiency of O3/H;O; for ATZ in a 12.5 mmol/L phosphate buffer
solution was investigated under the following conditions: different H,O, concentrations
of 5, 10, 15, and 20 pmol/L; pH values of 6, 7, and 8; and different temperatures of 10,
15, 20, and 25 °C. In a water bath at 20 °C, the concentration of O3 was 20 umol/L, the
concentration of phosphate was 12.5 mmol/L, the concentration of H,O, was 20 pmol/L,
and the concentration of ATZ was 5 umol/L. The mechanism of the degradation of ATZ by
03 /H;0, was investigated by adding different concentrations of tert-butanol and adjusting
the pH. The reaction was stopped using a 0.01 mol/L solution of NaNO,.

In the actual experiment, three parallel samples were set for each group of experiments,
and the experimental results were taken as the average of three parallel experiments.

2.3. Analytical Method
2.3.1. Liquid Chromatography Analysis

To detect ATZ, the Symmetry® C18 StableBond was used, and the particular test pro-
cedure was as follows: a 60:40 methyl alcohol to ultrapure water mobile phase ratio, a flow
velocity of 0.8 mL/min, operating temperatures of 40 °C, and a determinate wavelength of
225 nm. O3 concentration was determined through the UV;55 method [29].

2.3.2. Kinetic Analysis of ATZ Degradation by O3 /H,0O,

The pseudo-first-order kinetic equation was first introduced by Lagergren, and it is
usually used in the form proposed by Ho and McKay [30].

Ln(g, — q¢) = Lnge — Kyt (1)
Combine formula: (CoCo)V
e = Ofm e (2)
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Deduced:
3)

Assuming that ATZ can be completely degraded in the O3 /H,O, system, that is, that
the concentration of ATZ in the solution is 0 (Ce = 0) at equilibrium, we can obtain:

Gk
o e 4)

Therefore, the kinetic model of the O3 oxidative degradation of ATZ is established
according to the following kinetic equation, and the first-order reaction kinetic equation is:

Ct
Ln— = — Kyt 5
" 1 ©)
where C/Cj represents the surplus rate of ATZ in the reactor, and the elimination rate of
ATZ in the reactor =1 — C/Cy; thus, C/Cy =1 — B.
A linear second-order rate equation was then introduced [31]:

1 1
L . 6
c 2+CO (6)

Substitute C/Cy =1 — {3 into Equation (2) to obtain the following result:

(1—1‘B) = KyCpt )

ge: Adsorption capacity value at equilibrium, mg/g;
gr: Adsorption capacity value at time t, mg/g;

Kj: Pseudo-first-order rate constant, 1/min;

K5: Pseudo-second-order rate constant, L/ (umol-min);
B: Represents the elimination rate of ATZ;

m: Mass of the adsorbent, g;

Co: Initial concentration of ATZ;

Ce: Reaction ATZ concentration at equilibrium;

Ci: ATZ concentration at any time, mg/L.

3. Results and Discussion
3.1. Effect of Temperature on ATZ Degradation by O3/H,0,

When the concentrations of ATZ, O3, and H,O, were 5 umol/L, 20umol/L, and
20 umol/L, respectively, the impact of the temperature changes on ATZ decomposition
by O3/H,0; in phosphate buffer at pH7 is illustrated in Figure 1. According to Figure 1,
the effect of ATZ degradation by O3/H,;O, was enhanced when the temperature of the
reaction increased. This was mainly due to the increase in the temperature: the percent-
age of activated O3 increased and the decomposition of O3 was accelerated to generate
HOe. At the same time, increasing the temperature speeds up the movement of molecules,
thereby increasing the collision frequency between ATZ and O3 and HOe, thereby ac-
celerating the degradation rate. The ATZ removal rate increased from 83.96 to 95.52%
when the temperature of the reaction system was gradually adjusted from 10 °C to 25 °C,
and although there was no obvious difference in the removal effect, the reaction rate
was considerably different. The degradation rate of ATZ at 25 °C changed slowly after
five minutes, and basically tended to be stable. At five minutes, the degradation rate
of ATZ by O3/H0, quickly reached 92.59%. The elimination rate of ATZ decreased
slightly at 20 °C compared to the other temperatures and increased at 25 °C. The reason
for this is that in the ozonation process, on the one hand, increasing the temperature can
increase the rate constants of activated molecules and chemical reaction rates, thereby
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improving the degradation efficiency. On the other hand, the increase in temperature
reduces the solubility of ozone in aqueous solution, resulting in a lower degradation ef-
ficiency. When discussing the utilization efficiency of ozone at different temperatures,
Lei Zhao et al. [32] mentioned that in a separate ozone system, with the increase in tem-
perature, the utilization of ozone first increased, then gradually became stable, and finally
dropped. At the same time, the presence of heterogeneous catalysts can reduce the negative
effects of decreasing ozone solubility in water with increasing temperature, resulting in an
increase in ozone utilization, and contributing to the production of «OH during ozonoly-
sis [33]. Therefore, in the combined result of the two opposite effects, the removal rate of
ATZ by O3/H0; decreased at 20 °C. At 25 °C, due to the increase in the temperature of
the reaction solution, the chemical reaction and mass transfer rate were accelerated, and
more eOH was generated, thereby increasing the removal rate of ATZ. It is easy to observe
that when the temperature increased from 15 °C to 20 °C, the removal rate of ATZ was
significantly improved, indicating that the temperature change in the normal temperature
range has a greater impact on the degradation of ATZ by Os.

1.0
0.8
0.6
o

@)

~—

O 0.4
0.24 v =

Vv -— ,::;\:‘:t\,,\,
0.0 T T T T T T ) T
0 5 10 15 20
t/min

Figure 1. The ATZ removal rate under different temperatures.

In addition, with the progress of the reaction, different temperatures caused different
dissolved concentrations of Oj in the system, resulting in different contents of HOe; the
removal of ATZ in aqueous solution was also gradually different. Within the same time
period, the increase in the reaction temperature can speed up the reaction rate of ATZ
with Oz, HOe, and other oxidants, but at the same time it will accelerate the ineffective
decomposition of O3 and reduce the solubility of O3 in water; it is thus not conducive to
the degradation of ATZ in solution. These two contradictory reactions lead to the process
of degrading ATZ by O3/H;0;, and the removal rate of ATZ showed a trend of increasing
first and then leveling off with the increase in reaction temperature. Within a certain range
of conditions, the increase in temperature promotes the improvement of the reaction rate,
which is beneficial to the degradation of ATZ in the O3/H;O; system [34]. Therefore, under
the experimental conditions, the optimal temperature for degrading ATZ by Oz/H0,
is 25 °C.

3.2. The Effect of HyO, Concentration on ATZ Degradation by O3/H,O;

In Figure 2, the effect of the amount of H,O; in the reaction system concentration on the
degradation of ATZ by O3/H;0; is shown. As shown in the figure, there was no obvious
change in ATZ degradation by O3/H;0, when the quantity of HyO, in the reaction process
rose. This is mainly because a small amount of deprotonated Hy,O, could give a strong
boost to O3 to generate more HOe [35], whose reaction rate with ATZ (2.54 x 10° /Ms [36])

153



Water 2022, 14, 1412

is far greater than that of O3 with ATZ. Therefore, even a small amount of H,O, input
could result in distinct ATZ degradation when the O3 concentration maintains a certain
value in the O3/H,O; system, indicating that the O3/H,0O; system is suitable for the
treatment of high concentrations of ATZ solution. The ATZ removal rate reached its highest
level at 92.92% when the H,O, concentration was 10umol/L in the system; that is, ATZ
degradation by O3/H,0O, achieved its highest efficiency when the ratio of nH,O, to nOj3

was 1:2.
1.0
0.8+
—m—5pmol/L
o 0.6 —0— 10|Jm0|/|_
S —a— 15umol/L
O 0.4 —v— 20umol/L
0.2+
OO T T T T T T T T
0 5 10 15 20
t/min

Figure 2. The ATZ removal rate under different H,O, densities.

When only Oj is used for oxidation, the degradation process for organic pollutants
usually includes two aspects: one is the direct oxidation of pollutants by molecular O3,
and the other is the indirect oxidation of organic pollutants by HOe produced by O3
conversion [37]. When the O3/H;0O, system is used to degrade ATZ, there is not only
the direct oxidation of ATZ by O3 and H,O,, but more importantly, due to the existence
of HyO,, HO; is rapidly dissociated to form HO, , which can react with O3 to promote
its rapid and efficient production. A large amount of HOe is generated, which in turn
strengthens the indirect oxidation of ATZ [38—40]. Therefore, compared with O3 oxidation
alone, the use of an O3/H,0, advanced oxidation process can greatly improve the ability
to generate HOe. The reaction is shown in Formulas (4)—(8) [41,42].

H,0, — HO, + H* 8)

O; +OH™ — HO, + O, 9)

O3 + HO, — HO-+ 0, + 0O, (10)
O03+0, - 05 +0; (11)

O; +H,O — HO- +OH™ + O, (12)

When the concentration of H,O; is low, the excitation effect of HOe is poor, which
is not conducive to the improvement of ATZ removal efficiency. However, excess HyO,
molecules can react quickly with HOe. The reaction formula is: HyO;+HOe—HO,e + H,O.
The presence of excess HyO, will thus also reduce the degradation efficiency of HOe for
ATZ. In addition, the high concentration of H,O, will also cause unnecessary waste and
the risk of secondary pollution. Therefore, choosing the appropriate concentration of
H,0; is of great practical significance for improving the efficiency of ATZ degradation in
the O3/H,0; system. When using the O3/H,0O, oxidation process to treat wastewater,
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the optimal concentration ratio of O3 and H,O, should be determined through practical
experiments [43,44].

3.3. The Effect of pH Value on ATZ Degradation by O3/H,0;

In phosphate buffer solution at 20 °C, the degradation results of ATZ at different pH
values were provided in Figure 3. The quantity of ATZ, O3, and H,O, were 5 umol/L,
20 umol/L, and 20 umol/L, respectively. From the figure, the results of the decomposition
of ATZ by O3/H;0, showed a rapid enhancement as the pH value increased in the reaction
process. When the pH was raised from 6 to 8, the clearance rate of ATZ improved from
52.95 to 89.03%. After gradually adjusting the pH value from 6 to 7, the ratio of the
decomposition amount of ATZ to the initial amount increased significantly from 52.95
to 83.96%. Furthermore, the ratio of the decomposition amount of ATZ increased from
83.96 to 89.03% when the pH value was adjusted from 7 to 8; the removal rate did not rise
significantly, but the reaction rate increased notably. The removal rate reached 89% at 2 min
under pHS, then tended to be stable. When the pH of the reaction system increased from 6
to 8, the removal rate of ATZ was significantly enhanced. This was because when the pH
was acidic, O3 mainly relied on selective direct oxidation to degrade the target, and the
oxidation ability was low; on the other hand, when the pH is alkaline, O3 mainly relies on
the chain reaction to generate non-selective strong oxidizing HOe to oxidatively degrade
the target, and HOe has a significantly stronger oxidative ability for ATZ than Os. It can
be seen that the pH of the reaction system has a very significant effect on the degradation
of ATZ by Os. Yang et al. [45] investigated the ozonation-induced degradation of atrazine
in the presence of hydroxylamine, and discovered that pH had a substantial impact on
atrazine degradation.

1.0

C/Co

0.0 —
0 5 10 15 20
t/min

Figure 3. The ATZ removal rate under different pH values.

The dissociation of H,O; is a key step in the chain reaction of the O3/H;0O; reaction
system. The conjugate base HO, is the active substance in the reaction, and its concentra-
tion is closely related to the pH value. Under acidic conditions, the reaction rate of HyO,
and O3 slowed down, and when the pH value was greater than 5, the decomposition rate
of O3 and H,O; increased rapidly. With the increase in pH value, the amount of HOe
produced by the combined action of H;O, and O3 gradually increased, which triggered a
free-radical chain reaction, more fully oxidized ATZ, and an improved degradation effect.
Under higher pH conditions, the initiator HO, , which can effectively promote the decom-
position of O3, can be dissociated even in a lower concentration of HyO, solution [46,47].

Feng et al. [48] used the O3/H,0O, process to treat the mother liquor of gas field
wastewater, and found that pH had the most critical effect on the treatment effect. The
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best operating conditions can be obtained when the pH value is 10.9, the flow rate of O3 is
0.8 L/min, and the amount of H,O, is 6.2 mL. Ochir et al. [49] used the O3/H,0O; system
to treat tebuconazole, carbendazim, and pyrimethanil in turn with an initial concentration
of 2 pmol/L. When the reaction temperature was 25 °C, the reaction time was 0.5 h, and
the pH value increased from 5 to 9; the removal rates of tebuconazole, carbendazim, and
pyrimethanil also increased from 17.0 & 1.0%, 66.4 & 2.2%, and 90.9 £ 1.6% to 30.3 = 2.0%,
80.5 £ 1.4%, and 99.5 + 0.4%, respectively. A higher pH value is not always better. Farzaneh
et al. [50] studied the effect of pH value on the removal of ibuprofen by the O3/H,0O;
advanced oxidation process. After 5 min of ozone oxidation at pH?7.6, the residual ozone
concentration was analyzed and found to have increased from 1.5 mg/L drops to about
0.15 mg/L, which means that at pH 7.6 and above, ozone is almost completely decomposed
within 5 min, and other compounds will quickly consume the free radicals. Therefore,
even at higher pH, HOe is not sufficient for achieving greater ibuprofen removal. From the
existing research, for different water bodies or different pollutants, the pH value required
by O3/H,0; is different, but most of them are in the range of 6~12.

3.4. Mechanism Analysis of ATZ Degradation by O3/H,0,
3.4.1. Mechanism Analysis of ATZ Degradation by O3/H,0O, in Phosphate Buffer at pH6

In phosphate buffer at pH6, different amounts of tertiary butyl alcohol were added
to the O3 alone and O3/H;0O; systems to capture HOe in the reaction system, so as to
investigate the O3 /H;O; degradation mechanism of ATZ [51,52]. The results are shown in
Figure 4. It was found that H,O; alone had virtually no degradation effect on ATZ. The
degradation amount of ATZ by O3 alone was basically the same when the tertiary butyl
concentration was 8 and 16 mg/L, respectively, proving that all HOe in the O3 alone system
can be captured when the concentration of tertiary butyl is 8 mg/L.

1.0,
0.8+
0.6 —* 03
O 0.4l * O3+8mglL tertiary butyl alcohol  *
' | v O3+16mgl/L tertiary butyl alcohol
024 —4— 03+Ho09
" | —4— O3+Hp02+16mgl/L tertiary butyl alcohol
0.0 —»— 03+Ho09+32mg/L tertiary butyl alcohol
0 5 10 15 20

t/min

Figure 4. The effect of free radical scavenger on the degradation of ATZ by O3/H,0; in pH6
phosphate buffer.

The percentage of ATZ elimination dropped from 23.38% to 11% when excessive
tertiary butanol was added to the Oj reaction system, indicating that only 10% of ATZ in
the system was directly oxidatively removed by Oz. The amount of ATZ directly oxidized
by O3 accounted for 47.05% of the total removal rate, while ATZ degraded by HOe made up
the other 52.95%, showing that O3 and HOe each accounted for half of the ATZ degradation
in phosphate buffer at pHé.

The degradation effect of O3/H;O, on ATZ was basically the same when the tertiary
butanol concentration was 16 and 32 mg/L in the O3/H,O, reaction system, revealing
that all the HOe in the system was captured when the concentration of tertiary butanol
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was 16 mg/L. The percentage of ATZ elimination dropped from 52.95% to around 13%
when excessive amounts of tertiary butanol were added to the O3 /H,O; system, indicating
that only 13% of ATZ was directly oxidized by O3. The O3 oxidation accounted for 24.55%
of the overall ATZ removal rate, whereas HOe degradation accounted for the remaining
75.45%, indicating that HOe was superior for degrading ATZ in phosphate buffer at pH6.

The ATZ degradation efficiency by O3 alone and HyO, alone was 23.38% and 2%,
respectively, in phosphate buffer at pH6, while the degradation efficiency of O3/H,0O, was
27.57% higher than the sum of the two, proving that O3 and H,O; can excite each other to
produce more HOe than each would produce separately.

3.4.2. Mechanism Analysis of ATZ Degradation by O3/H,O; in Phosphate Buffer at pH7

In the phosphate buffer at pH7, different amounts of tertiary butyl alcohol were
added to the O3 alone and O3/H0O; systems to capture HOe in the reaction system, so
as to investigate the O3 /HO, degradation mechanism of ATZ. The results are shown in
Figure 5. According to early research, when the concentration of tertiary butyl in the O3
alone environment was 16 mg/L, all of the HOe in the system could be collected.

0.64 e e,
(_C)’ ] —4— Og+16mg/L tertiary butyl alcohol
5 0.4 —v— 03+32mgl/L tertiary butyl alcohol

—— 03+H202
0.2- e,

—4— O3+H202+32mg/L tertiary butylalcéhol
0.0 —»— O3+H205+48mg/L tertiary butyl alcohol

0 5 10 15 20

t/min

Figure 5. The effect of free radical scavenger on the degradation of ATZ by O3/H,0, in pH7
phosphate buffer.

From Figure 5, the degradation rate of ATZ by O3 alone decreased from 40.76% to
9.4% when the concentration of tertiary butanol was 16 mg/L in the system, suggesting
that only 9.4% of ATZ was directly oxidized by O3. The O3 oxidation accounted for 23.06%
of the total ATZ removal rate, while the amount of ATZ degraded by HOe accounted for
the other 76.94%, reflecting the dominant role of HOe in the ATZ degradation of O3 alone
in phosphate buffer at pH 7.

The degradation effect of O3/H;O, on ATZ was basically the same when the tertiary
butanol concentration was 32 and 48 mg/L in the O3/H,O; reaction system, revealing that
all the HOe in the system was captured when the concentration of tertiary butanol was
32 mg/L. The rate of ATZ degradation fell from 83.96% to roughly 12% when excessive
amounts of tertiary butanol were added to the O3/H,0O, system, indicating that only 12% of
ATZ was directly oxidized by O3. The O3 oxidation contributed a 14.29% degradation rate
of ATZ, while HOe removal accounted for the remaining 85.71%. In phosphate buffer at
pH7, Oz and HOe both played a role in ATZ degradation and HOe played the leading role.

3.4.3. Mechanism Analysis of ATZ Degradation by O3/H,0O, in Phosphate Buffer at pH8

In phosphate buffer at pH8, different amounts of tertiary butyl alcohol were added
to the O3 alone and O3/H0O; systems to capture HOe in the reaction system, so as to
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investigate the O3 /H,0O, degradation mechanism of ATZ. Figure 6 depicts the experimental
consequences. According to prior tests, all the HOe in the system can be captured when
the tertiary butyl concentration inside this O3 alone system is 32 mg/L.

—=—Hy0)

—o— 04
0.6- —a— 03+32mg/L tertiary butyl alcohol
o
@) —v— 03+48mg/L tertiary butyl alcohol
3 "9
O 044 ey
—-03+H02 "¢,
4 . e
oo 03+H20+48mgl/Ltertiary butyl alcbhol
cal +%-4033H202+64mg/Ltertiary butyl alcohol
J @
0.0 —_— e
0 B 10 15 20
t/min

Figure 6. The influence of free radical scavenger on the degradation of ATZ by O3/H,0; in pH8
phosphate buffer.

From Figure 6, the degradation rate of ATZ by O3 alone decreased from 71.83% to 8%
when the tertiary butyl concentration inside this O3 alone system was 32 mg/L, suggesting
that only 8% of ATZ was directly oxidized by O3. The O3 oxidation accounted for 11.14%
of the total ATZ removal rate, while the amount of ATZ degraded by HOe accounted for
the other 88.86%, indicating the dominant role of HOe in the ATZ degradation of O3 alone
in phosphate buffer at pHS.

The degradation effect of O3/H;O, on ATZ was basically the same when the tertiary
butanol concentration was 48 and 64 mg/L in the O3/H,O; reaction system, revealing that
the HOe in the system was basically captured when the concentration of tertiary butanol
was 48 mg/L. The removal efficiency of ATZ dropped from 89.03% to roughly 10% when
excessive amounts of tertiary butanol were added to the O3/H;O; system, indicating that
only 10% of ATZ was directly oxidized by Oz. The O3 oxidation was responsible for a
11.23% ATZ elimination rate, while HOe degradation was responsible for the remaining
88.77%. In phosphate buffer at pH8, O3 and HOe both played a role in ATZ degradation
and HOe played the leading role [53,54].

3.4.4. Intermediate Products and Degradation Mechanism of ATZ Degradation

The results of the product analysis with HPLC-ESI-MS show that, as shown in Figure 7,
the degradation pathways of ATZ mainly include the following four pathways: (I) Hy-
droxylation: During the degradation process of ATZ, the methyl group was replaced by a
hydroxyl group, and the mass-to-charge ratio became m/z = 218; (II) De-isopropylation:
Under the action of oxidant, the ATZ de-isopropyl group is generated to form de-isopropyl
ATZ, and the mass-to-charge ratio becomes m/z = 174 and m/z = 146; (I1II) De-ethylation:
During this process, ATZ removes the ethyl group to form de-ethylated ATZ, and the
mass-to-charge ratio becomes m/z = 188 and m/z = 146; (IV) De-chlorination: ATZ removes
Cl- and combines with -OH to form de-chlorinated ATZ, and the mass-to-charge ratio
changes from m/z = 216 to m/z = 198 and m/z = 156. Therefore, the degradation path-
ways of ATZ by O3/H,O; mainly include hydroxylation, de-isopropylation, de-ethylation,
and de-chlorination.
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Figure 7. Schematic diagram of ATZ degradation pathway and degradation mechanism (I): hydroxy-
lation; (IT): de-isopropylation; (III): de-ethylation; (IV): de-chlorination).

K.H Chan et al. [55] indicated that ten intermediate products were found in the
degradation of ATZ in Fenton’s system of 0.1 mmol/L [Fe?*] and [H,O;]. During this
process, the main oxidant is HOe, and the presence of HOe triggers the degradation of
ATZ through alkyl oxidation, dealkylation, and de-chlorination, and produces the corre-
sponding intermediates. Yuchan Liu et al. [56] proposed that the main pathways for ATZ
reduction in UV/PS systems include de-chlorination, demethylation, and de-ethylation
to form various intermediates. The intermediates undergo dichlorination, hydroxylation
and de-isopropylation to form secondary intermediates. Zeng-Hui Diao et al. [57] used
LCQTOF-MS technology to analyze ATZ intermediates in the ATZ degradation process
using B-nZVI/FeS, /HO,. Their results showed that in the degradation process, on the
one hand, the degradation of ATZ is caused by the decomposition of the alkyl side chain
of ATZ by HOe, which undergoes dealkylation to form an intermediate product. On the
other hand, the corresponding intermediates are formed by dealkylation. The intermediate
products are then dealkylated and hydroxylated to form secondary intermediates. At the
same time, the authors also indicated that with the increase or decrease in the reaction time,
the molecular weight of the intermediate product gradually decreased, indicating that the
ATZ molecule can be effectively decomposed by HOe [57]. Due to the different degradation
methods and operating conditions, the degradation pathways of ATZ are also different, but
they all reflect that HOe plays a very important role in the process of degrading ATZ. The
degradation pathway is mainly through hydroxylation, de-isopropylation, dealkylation
and de-chlorination.

The whole reaction process can be simplified as:

ATZ + HOe — Intermediates — CO, + H»0 (13)

3.5. Kinetic Analysis of ATZ Degradation by O3/H,0;
3.5.1. Kinetic Analysis of ATZ Degradation by O3 /H,O, under Different Temperatures

When the concentrations of ATZ, O3, and H,O, were 5 mol/L, 20 mol/L, and
20 mol/L, respectively, in phosphate buffer solution at pH7, the quasi-first-order reac-
tion kinetics of ATZ degradation by O3/H;,0O; at different temperatures were matched
with Ln(C/Cp)(y) as the Y-axis and t(x) as the X-axis. At various temperatures, the quasi-
second-order reaction kinetics of ATZ degradation by O3/H,0O, were matched using
1/(1 — B)(y) as the Y-axis and t(x) as the X-axis. The parameters for the dynamic fitting

159



Water 2022, 14, 1412

equation are presented in Tables 2 and 3, and the dynamic matching curves are displayed
in Figures 8 and 9.

Table 2. The kinetics equations and parameters of quasi-first-order reactions of O3 /H,O, degradation
of ATZ at various temperatures.

T(O) Fitted Equation Reaction Order K; (1/min) R?
10 Y =—0.11198x — 0.37774 First-order reaction 0.11198 0.91718
15 Y = —0.11688x — 0.63552 First-order reaction 0.11688 0.84758
20 Y = —0.06995x — 0.65722 First-order reaction 0.06995 0.65698
25 Y = —0.10641x — 1.42622 First-order reaction 0.10641 0.48264

Table 3. The kinetics equations and parameters of quasi-second-order reactions of O3/H,O, degra-
dation of ATZ at different temperatures.

T(°C) Fitted Equation Reaction Order K7 (1/min) R?
10 Y =0.48111x + 1.00352 Second-order reaction 0.48111 0.99749
15 Y =0.6592x + 1.38581 Second-order reaction 0.65920 0.99585
20 Y =0.23151x + 1.08379 Second-order reaction 0.23151 0.87706
25 Y =0.9533x + 0.83282 Second-order reaction 0.95330 0.82373
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Figure 8. The kinetics of quasi—first—order reactions of O3 /H,O, degradation of ATZ at various

temperatures.
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Figure 9. The kinetics of quasi—second —order reactions for ATZ degradation at various temperatures.
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From Figures 8 and 9 and Tables 2 and 3, the values of R? (linear correlation) fitted by
quasi-second-order reaction kinetics were all larger than those fitted by quasi-first-order
reaction kinetics, indicating that the reaction kinetics of ATZ degradation by O3/H,0O, at
different temperatures are more consistent with quasi-second-order reaction kinetics [58].
The quasi-second-order reaction rate constant increased from 0.48111 to 0.95333 when
the reaction temperature rose from 10 °C to 25 °C, with the lowest reaction rate at 20 °C
and reaction rate constant at 0.23151. The highest reaction rate increased by 4.12 times
compared with the lowest reaction rate. Since the R? fitted for the secondary reaction at
25 °C was only 0.82373, the linear correlation was poor, and the actual reaction rate cannot
be accurately reflected.

3.5.2. Kinetic Analysis of ATZ Degradation by O3/H,0O, under Different H,O,
Concentrations

In phosphate buffer solution at pH7, when the concentrations of ATZ, O3, and tem-
perature were 5 mol/L, 20 mol/L, and 20 °C, respectively, the quasi-first-order reaction
kinetics of ATZ degradation by O3/H,0O; at varied H,O, concentrations were matched
using Ln(C/Cy) (y) as the Y-axis and t(x) as the X-axis. The quasi-second-order reaction
kinetics of ATZ degradation by O3/H;0O, were matched under different HO, concentra-
tions adopting 1/(1— ) (y) as the Y-axis and #(x) as the X-axis. The factors for the dynamic
fitting equation are presented in Tables 4 and 5, and the dynamics matching curves are
displayed in Figures 10 and 11.

Table 4. The kinetics equations and parameters of quasi-first-order reactions of O3 /H,O, degradation
of ATZ at different H,O, densities.

C(H,03)

. . . . 2
(umol/L) Fitted Equation Reaction Order Kj (1/min) R
5 Y = —0.08137x — 0.38598 First-order reaction 0.08137 0.84815
10 Y = —0.11383x — 0.630929 First-order reaction 0.11383 0.85080
15 Y = —0.07185x — 0.70582 First-order reaction 0.07185 0.68089
20 Y = —0.06995x — 0.65722 First-order reaction 0.06995 0.65698
Table 5. The kinetics equations and parameters of quasi-second-order reactions of O3 /H;O, degra-
dation of ATZ at different H,O, densities.
C(H0,) Fitted Equation Reaction Order K; (1/min) R?
(umol/L)
5 Y =0.24548x + 1.36493 Second-order reaction 0.24548 0.97377
10 Y = 0.62450x + 1.388 Second-order reaction 0.62450 0.99343
15 Y =0.25765x + 2.05714 Second-order reaction 0.25765 0.90920
20 Y =0.23151x + 1.99153 Second-order reaction 0.23151 0.87706

From Figures 10 and 11 and Tables 4 and 5, the values of R? (linear correlation) fitted
by quasi-second-order reaction kinetics were all larger than those fitted by quasi-first-order
reaction kinetics, indicating that the reaction kinetics of ATZ degradation by O3/H,O, at
various H,O, concentrations were more compatible with the quasi-second-order reaction
kinetics. The highest and lowest secondary reaction constant was 0.6245 and 0.23151 when
the HyO, concentration was 10 and 20 pmol/L, respectively, with the reaction rate increased
by 2.70 times.
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Figure 10. The kinetics of quasi—first—order reactions of O3 /H,0O, degradation of ATZ at different
H,0, densities.
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Figure 11. The kinetics of quasi—second —order reactions for ATZ degradation at different H,O,
densities.

3.5.3. Kinetic Analysis of ATZ Degradation by O3/H,O, at Different pH Values

In phosphate buffer solution at 20 °C, the quasi-first-order reaction kinetics of ATZ
degradation by O3 /H,O, under different pH values were matched utilizing Ln(C/Cy) (y) as
the Y-axis and t(x) as the X-axis when the concentration of ATZ was 5, O3 was 20umol /L
and HyO, was 20 umol/L. The quasi-second-order reaction kinetics of ATZ elimination by
O3 /H0, were matched under different pH values adopting 1/(1—p) (y) as the Y-axis and
t(x) as the X-axis. The dynamic matching splines are demonstrated in Figures 12 and 13,
and the parameters for the dynamic fitting equation are shown in Tables 6 and 7.
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Figure 12. The kinetics of quasi—first—order reactions of O3 /H,0O, degradation of ATZ at different
pH values.
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Figure 13. The kinetics of quasi—second —order reactions of O3 /H,O, degradation of ATZ at different
pH values.

Table 6. The kinetics equations and parameters of quasi-first-order reactions of O3 /H,O; of degrada-
tion ATZ at different pH values.

pH Fitted Equation Reaction Order K1 (1/min) R?
6 Y = —0.03397x — 0.15995 First-order reaction 0.03397 0.86677
7 Y = —0.06995x — 0.65722 First-order reaction 0.06995 0.65698
8 Y = —0.04215x — 1.59326 First-order reaction 0.04215 0.06647

Table 7. The kinetics equations and parameters of quasi-second-order reactions of O3 /H,O; degra-
dation of ATZ at different pH values.

pH Fitted Equation Reaction Order K1 (1/min) R?
6 Y =0.05299x + 1.16329 Second-order reaction 0.05299 0.92574
7 Y =0.23151x + 1.99153 Second-order reaction 0.23151 0.87706
8 Y =0.19067x + 6.14035 Second-order reaction 0.19067 0.19382
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The fitting linear correlation of pseudo-first-order reaction kinetics or pseudo-second-
order reaction kinetics at pH 8 was not very ideal, and the real reaction rate in the reaction
system cannot be accurately determined. Moreover, when the pH value was 8, the degrada-
tion reaction of ATZ was very rapid, and the concentration of ATZ in the system tended to
be stable after 2 min, which can be seen from Figures 12 and 13. The pseudo-second-order
reaction rate constant was 6.62253 and the R? value was 0.76401 by fitting the period before
2 min. The R? (linear correlation) values of the pseudo-second-order reaction kinetics fit
were all larger than the R? values of the pseudo-first-order reaction kinetics, and we believe
that the reactions were more in line with the pseudo-second-order reaction kinetics model.

4. Conclusions

The addition of a small amounts of HyO; in the O3/H,0O; system can significantly
accelerate O3 chain decomposition, resulting in the generation of a large amount of HOe.
The higher the temperature and pH value, the better the degradation effect of O3 /H;O; on
ATZ. When the concentration of H,O, went from low to high, the efficiency of O3 /HyO,
in degrading the ATZ first increased and then decreased. The optimal reaction ratio of
H,O, to O3 was 1:2. The pH value had a considerable impact on the degradation of ATZ
by O3/H0;, and the degradation efficiency under alkaline conditions was better than
that under acidic conditions. Under acidic conditions, the proportion of direct oxidative
degradation by Oz and HOe inside the phase of ATZ decomposition was close to 1:1. Under
alkaline and neutral conditions, HOe oxidative degradation dominated the ATZ degra-
dation process. The kinetics of ATZ decomposition by O3/H,O, were more compatible
with quasi-second-order reaction kinetics under varied temperatures, pH values, and H,O,
concentrations, according to the kinetic study.

Atrazine is not easy to degrade, and it can exist stably in aqueous environments for
a long time, which not only affects the survival of animals and plants, but also threatens
human health. Most studies do not clarify the types and hazards of ATZ degradation
intermediates. Therefore, paying attention to the degradation efficiency of atrazine while
taking into account the toxicity of intermediate degradation products is of great significance
for optimizing ATZ degradation technology, which is also one of the future development
directions. In addition, current research mainly focuses on the water environment with only
ATZ, while ignoring the possible effects of the coexistence of various substances in natural
water bodies; the effects of various natural conditions should therefore be fully considered
and the cross-combination of various technologies applied to water. The degradation of
atrazine can further optimize and improve the degradation efficiency, reduce the operating
cost, and thus be more suitable for practical applications.
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