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Preface

The rapid advancement of urban industrialization and mineral resource exploitation has

triggered the widespread release of toxic metallic pollutants, particularly heavy metals, into global

ecosystems. These contaminants persistently accumulate in aquatic systems, agricultural lands,

and the atmospheric environment, posing substantial risks to both ecological stability and public

health. This reprint responds to this challenge by presenting a collection of pioneering research

focused on the theoretical foundations and practical applications of heavy metal remediation. It

explores emerging methodologies spanning microbial remediation, advanced functional materials,

and integrated multi-technology approaches. The contributions provide significant insights into

the biogeochemical cycling of heavy metals, elucidate fundamental mechanisms of contaminant

transformation and stabilization, and establish robust frameworks for ecological risk assessment.

By synthesizing these advancements, this reprint aims to accelerate the development of sustainable

remediation technologies that align with broader environmental goals, ultimately contributing to

ecological restoration efforts.

Luhua Jiang, Liang Hu, and Zhigang Yu

Guest Editors
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Editorial

Integrated Remediation Processes Toward Heavy
Metal-Contaminated Environment

Luhua Jiang 1,2,*, Liang Hu 1,2 and Zhigang Yu 3
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huliang2018@csu.edu.cn

2 Key Laboratory of Biometallurgy of Ministry of Education, Central South University, Changsha 410083, China
3 Australian Centre for Water and Environmental Biotechnology, St Lucia, QLD 4072, Australia;

zhigang.yu@uq.edu.au
* Correspondence: jiangluhua@csu.edu.cn

1. Introduction

This Editorial introduces the Special Issue titled “Integrated Remediation Processes
toward Heavy Metal-Contaminated Environment”. With the development of urban indus-
trialization and the utilization of mineral resources, significant amounts of heavy metals
have been released into aquatic ecosystems, agricultural soils, and the atmosphere, posing
a serious threat to human health. Given the severe hazards associated with heavy metals,
there is growing interest in exploring remediation technologies from a more comprehensive
perspective [1]. Concurrently, under the national dual carbon target, researchers world-
wide are striving to harness integrated technologies to treat contaminated water, soil, and
even groundwater. It is expected that the dual carbon target and successful heavy metal
remediation can be achieved concurrently by removing or stabilizing heavy metals in the
environment, thereby reducing their ecological risks [2].

This Special Issue features nine articles¸ including seven research papers and two
reviews. The research papers focus on comprehensive remediation strategies, underlying
mechanisms, and impact assessments related to environmental heavy metal contamination.
The reviews focus on recent advances, mechanisms of action, and future prospects of
remediation agents for heavy metal pollution. These articles enhance our understanding
of heavy metal pollution control and support its advancement toward greater efficiency,
resource recovery, and ecological safety.

2. An Overview of Published Articles

The development of novel approaches for the efficient and safe remediation of heavy
metal contamination is both imperative and challenging. Hence, Nie et al. (Contribution
1) provide a comprehensive analysis of recent advances in soil amendments for heavy
metal-contaminated soil remediation, with a focused examination of natural, synthetic,
natural–synthetic copolymer, and biological amendments. Through systematic comparison
of their remediation mechanisms and effectiveness, this study offers a thorough evaluation
of their impacts on soil physicochemical properties, leachable heavy metal concentrations,
and microbial community structure.

This Special Issue presents five articles investigating heavy metal removal in polluted
environments, three articles focusing on materials and their coupling technologies, and
two articles concentrating on microbial approaches. Gertsen et al. (Contribution 2) synthe-
sized organoclays based on bentonite using various amphoteric and nonionic surfactants
and evaluated their performance as efficient sorbents for lead ions. Among them, the

Toxics 2025, 13, 557 https://doi.org/10.3390/toxics13070557
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organoclay-based bentonite with alkyl polyglucoside exhibited the optimal performance,
achieving a maximum adsorption capacity of 1.49 ± 0.05 mmol/g. These novel organoclays
demonstrate significant potential for remediating lead-contaminated water and soil. Zhang
et al. (Contribution 3) proposed a novel modified pulse electrochemical treatment (PECT)
method that integrates biochar as a permeable reactive barrier into the PECT system, with
acetate incorporation in the catholyte. This research revealed that the biochar-coupled
PECT system with optimized pulse gradients achieved high lead removal efficiency while
reducing energy consumption and treatment time. Notably, biochar has been widely ap-
plied for heavy metal remediation due to its exceptional adsorption capacity and persistent
free radical (PFR) content. However, the environmental behavior and potential risks associ-
ated with both biochar and its associated PFRs warrant careful consideration. Alfei et al.
(Contribution 4) conducted a systematic investigation into the application potential, mech-
anisms of action, and associated risks of biochar and its contained PFRs in environmental
remediation. This review highlights that biochar—particularly the PFRs generated during
its production via pyrolysis—may represent a double-edged sword in environmental appli-
cations. Consequently, comprehensive investigations into the ecological effects of biochar
and the development of targeted mitigation strategies are critically needed.

For microbial approaches, Zhuang et al. (Contribution 5) analyzed the behavior and
mechanism of sulfate-reducing bacteria Desulfovibrio desulfuricans in precipitating antimony
from wastewater. The study demonstrated that SRB cells achieved antimony immobi-
lization through a three-step process—adsorption, reduction, and sulfidation—on their
surface, underscoring the coprecipitation role of phosphorus-containing groups. It also
provided a theoretical foundation and technical parameters for SRB-based remediation
of antimony-contaminated wastewater, particularly suitable for treating mining wastew-
ater. Additionally, Hao et al. (Contribution 6) explored the impact of bioreactor scale-up
cultivation on microbial succession in mixotrophic acidophiles from an industrial-scale
perspective, alongside its application in remediating Cd-contaminated soil. Their study
revealed that bioreactor scale-up drives pH reduction by altering bacterial communities
(but not fungi), thereby indirectly enhancing cadmium (Cd) removal efficiency. They also
identified 10 m3 as the critical scale for microbial community and functional shifts.

Acid mine drainage is one of the major sources of heavy metals in contaminated envi-
ronments. Therefore, the safe treatment and resource utilization of waste rock and tailings
are effective methods for controlling heavy metal pollution. Zhang et al. (Contribution
7) developed a cooperative leaching system (Fe2(SO4)3-O3) to investigate the oxidative
dissolution of the waste sulfides, achieving a zinc extraction efficiency of 97.8% under
optimal conditions. Guo et al. (contribution 8) investigated the leaching behavior of As
and Pb in lead–zinc mining waste rock under mine drainage and rainwater conditions.
The study found that As and Pb in mine waste mainly exist in sulfides (e.g., arsenopyrite,
pyrite, galena), with smaller amounts adsorbed onto clays. Acidic conditions enhanced
As/Pb release, while alkaline conditions increased arsenate mobility. The sulfide content
governs the waste’s acid-generating potential and associated environmental risks. This
study elucidated the mechanisms by which soil/water contamination occurs in lead–zinc
mining areas, providing a scientific basis for pollution prevention and control. Moreover, in
this Special Issue, Li et al. (contribution 9) highlighted the use of mathematical estimation
of endogenous proline as a bioindicator for assessing the stress response of rice plants to
trivalent chromium under varying nitrogenous conditions. The study showed that plants
alleviate Cr(III) toxicity by regulating proline levels across nitrogen regimes. The proline
biomarker system, when combined with MBMM, facilitates nitrogen source assessment
and supports the selection of optimal remediation strategies.
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3. Conclusions

Continuously exploring comprehensive remediation processes for heavy metal-
contaminated environments under the dual carbon goals—including developing novel
heavy metal removal methods, controlling heavy metal migration at the source, and miti-
gating ecological impacts—is a critical research direction requiring in-depth investigation.
The articles in this Special Issue offer multidimensional insights into the mechanisms,
application potential, and risk management of environmental heavy metal remediation
technologies, offering scientific support for the development of an eco-friendly heavy metal
pollution control system.
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Behavior and Mechanisms of Antimony Precipitation
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Abstract: The development of the non-ferrous metal industry is generating increasingly
large quantities of wastewater containing heavy metals (e.g., Sb). The precipitation of heavy
metals by microorganisms involves complex mechanisms that require further investigation
to optimize bioremediation technologies. In this study, we employed a sulfate-reducing
bacteria (SRB) strain Desulfovibrio desulfuricans CSU_dl to treat the antimony (Sb)-containing
wastewater; the behavior of Sb and mechanisms underlying precipitation were investigated
by characterizing the precipitates. The results showed that the abiotic factors constraining
SRB bacterial growth greatly affect Sb forms and precipitation. For instance, Sb precipitation
maximumly occurred at pH 6 and 7, or C:N ratio of 10:1 and 40:3 for Sb(III) and Sb(V),
respectively, resulting in a maximum Sb removal rate of 94%. Interestingly, we found that
substantial antimonate and antimonite were adsorbed on the SRB cell surface, indicating
that cell surface is a critical reaction site of Sb transformation and precipitation. Sb was
adsorbed to the cell surface by C-C and C=O groups, and was further precipitated by
forming Sb2S3 and Sb2S5 or was coprecipitated with the P-containing group. Partial Sb(V)
reduction was also observed on the SRB cell surface. These results provided a deep insight
into the Sb bio-transformation and were an advancement with respect to understanding
bioremediation of Sb-contaminated wastewater.

Keywords: antimony pollution; sulfate-reducing bacteria; Sb; XPS; SEM-EDX

1. Introduction

In addition to being used in a wide variety of industries, such as electronics and met-
allurgy, antimony (Sb) is also known to cause water contamination due to improper han-
dling [1]. Antimony-induced water pollution can be both natural and anthropogenic. The
former sources include the weathering of rocks and minerals containing antimony, while
the latter sources involve industrial activities, mining, and the discharge of wastewater

Toxics 2025, 13, 17 https://doi.org/10.3390/toxics13010017
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containing antimony compounds. The non-ferrous metal industry, in particular, accounts
for a significant portion in generating a substantial amount of heavy metal-containing
wastewater, including antimony (Sb). Some studies have found that nearly 100 years of
mining activities have caused severe soil contamination and water pollution in mining
areas and these contaminations may alter the stability and functioning of ecosystems [2,3].
The unmitigated release of antimony mine drainage and wastewater has resulted in a
persistent escalation of antimony pollutants [4]. It is known to all that the presence of
antimony in water poses significant risks to both humans and ecosystems. Studies have
shown that antimony (Sb) is listed as one of the major pollutants by the US EPA and the
EU EPA due to its potential and proven carcinogenicity, immunotoxicity, genotoxicity,
and reproductive toxicity like arsenic, and its toxicity Sb(metal) > Sb(III) > Sb(V), and
the soluble compounds of antimony are more toxic than the insoluble compounds [5,6].
When the solubility of antimony in water reaches 3.5 mg/L, it becomes toxic to algae, and
when it reaches 12 mg/L, it becomes toxic to fish and shrimps. Long-term ingestion of
antimony-contaminated water may cause gastrointestinal disorders, skin irritation, respira-
tory problems, and may even lead to carcinogenic effects in humans. Antimony and its
compounds have been consistently identified as priority contaminants due to their toxicity
and biohazardous nature [1,4]. Antimony exhibits toxicity not only to higher organisms
such as humans, algae, fish, and shrimps but also to microorganisms. The toxicity of Sb to
bacteria, including sulfate-reducing bacteria (SRB), can significantly affect their metabolic
activity and heavy metal-precipitation efficiency. Studies have shown that microbial toxicity
assays, such as dehydrogenase activity tests and other redox reaction-based methods, pro-
vide valuable insights into the impact of toxic substances on microbial communities [7,8]).
These methods could help elucidate the potential inhibitory effects of Sb on Desulfovibrio
species and optimize bioremediation strategies.

The chemical speciation of antimony in water is highly dependent on the surrounding
pH. Sb(III) undergoes significant changes in its chemical forms across a pH range of 1 to
12. At pH 1 to 4, the content of compounds in the form of positively charged Sb(OH)2

+

decreases, while the content of compounds in the form of electrically neutral Sb(OH)3

increases. Between pH 5 and 9, compounds mainly exist in the form of electrically neutral
Sb(OH)3. At pH 10 to 12, the content of electrically neutral Sb(OH)3 decreases, and
compounds in the form of negatively charged Sb(OH)4

− become more prevalent [9].
In order to mitigate the negative impacts of antimony pollution in water, it is essential

to seek effective treatment methods. Numerous approaches have been explored in the field
of antimony-removal technology, including physical processes (e.g., precipitation, filtra-
tion), chemical methods (e.g., flocculation, precipitation), and advanced techniques utilizing
adsorption with materials like activated carbon or other specialized materials. Additionally,
the use of sulfate-reducing bacteria (SRB) for mediating metal sulfide precipitation is seen
as a promising approach for antimony removal [10,11]. The SRB bacteria put into appli-
cation contain many species such as Metallobacterium [12], Bacillus thiophilus, and Bacillus
citriodora. Extensive research has been carried out on the use of sulfate-reducing bacteria
(SRB) for heavy metal remediation, and significant achievements have been made [13,14].
However, there are relatively few studies using SRB to treat Sb-containing wastewater.
Wang demonstrated for the first time that SRB can convert SO4

2− to S2− in mine drainage
while converting Sb(V) to Sb(III), and verified that the ratio of Sb(V)/SO4

2− was an impor-
tant parameter affecting the efficiency of antimony removal [11]. As previously reported,
the addition of Fe2+ to the SRB system significantly increased the metabolic activity of
SRB [15]. Complementarily, the addition of iron scrap and iron oxidizing bacteria (IOB)
to the SRB system resulted in 99.98% Sb(V) removal for the Fe + IOB + SRB system [16].
Differences in carbon sources affected the efficiency of antimony removal in desulfurization
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processes, with the SRB system utilizing ethanol demonstrating a higher removal efficiency
of 97.8% [17]. Temperature was also identified as a primary factor controlling microbial
Sb reduction [17]. Characterization of the SRB antimony-removal system’s precipitate
indicated that Sb(V) was reduced to Sb2S3 [18,19]. Proteomic analysis showed that the
extracellular protein functional groups of SRB were capable of adsorbing and immobilizing
Sb(III), with a significant increase in extracellular proteins involved in electron transfer [20].
Despite many studies on Sb precipitation from wastewater by SRB, the effects of SRB on
Sb(III)/Sb(V) precipitation in various habitats under anoxic conditions remain unclear, as
do the magnitudes of the impacts of different environmental elements on precipitation
efficiency. Furthermore, the precipitation mechanism of SRB on Sb(III)/Sb(V) under anoxic
conditions requires further elucidation.

In this work, we analyzed the effect of different conditions (temperature, pH, C/N
ratio, and SO4

2− concentration) on the precipitation of Sb(III)/Sb(V) by SRB, and used
scanning electron microscopy–energy dispersive X-ray (SEM-EDS), and X-ray photoelectron
spectroscopy (XPS) to study the morphology, components, and surface chemistry of SRB
before and after the immobilization of Sb(III)/Sb(V) by adsorption and the precipitation
mechanism of Sb(III)/Sb(V) from water under oxygen conditions. The aim of this work is to
reveal the mechanism related to the fixation of Sb(III) and Sb(V) by SRB. The work provided
theoretical and technological foundations for the application of SRB in the remediation of
antimony-polluted wastewater.

2. Materials and Methods

2.1. The SRB Strains and Culture Condition

The strain used in this study, Desulfovibrio desulfuricans subsp. CSU_dl, was isolated
from underground water and preserved by the Key Laboratory of Biometallurgy of the Min-
istry of Education at Central South University, China. This sulfate-reducing bacterium is
well known for its ability to reduce sulfate to sulfide and plays a crucial role in heavy metal
precipitation. The culture conditions of the strain were as follows: anaerobic incubation for
3–5 days, incubation temperature of 30 ◦C. The lyophilised strain was activated, dissolved
in 0.1–0.2 mL of culture medium or sterile water, and inoculated on 1–2 blood agar plates
and incubated in an anaerobic incubator. After the colonies grew on the plates, the culture
was enriched with modified Barr sulfate liquid medium. The strain was cultured in an
anaerobic incubator. All those incubations and water treatment in this study were well
controlled in anaerobic conditions by loading 97% N2 and 3% H2 to exclude oxygen.

2.2. Experiment Design

The initial concentrations of Sb(III) and Sb(V) were set at 15, 30, 45, and 60 mg/L.
The logarithmic-phase SRB bacterial solution was inoculated into the medium containing
Sb(III) and Sb(V) with a 10% inoculum volume. To optimize the precipitation conditions
for Sb(III) and Sb(V), five experimental variables were investigated, with each condition
performed in triplicate. Anaerobic flasks were incubated on a shaker at 180 rpm for 24 h.
After the reaction, SRB cells were collected by centrifugation at 3500 rpm for 20 min. The
experimental conditions included the following:

i. Temperature: Reaction temperatures were set at 20 ◦C, 25 ◦C, 30 ◦C, and 35 ◦C.
ii. Initial pH: The pH was adjusted to 4, 5, 6, 7, and 8.
iii. Carbon-to-Nitrogen (C/N) Ratio: C/N ratios were set at 20:1, 40:3, 10:1, 8:1, and 20:3.
iv. Initial Sulfate Concentration: SO4

2− concentrations were set at 800, 1200, 1600, and
2000 mg/L.
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2.3. Antimony Precipitation Efficiency

The concentration of SO4
2− in the wastewater during treatment was determined

using the barium chromate spectrophotometric method. The procedure was concise and
well-organized, as follows: First, 1 mL of a 2.5 mol/L hydrochloric acid solution was
added to both the water sample and the standard solution, and the mixture was boiled
for approximately 5 min. Next, 25 mL of barium chromate suspension was added to each
sample, and the mixture was boiled again for about 5 min. Afterward, the conical flask was
removed, and the solution was allowed to cool slightly. Then, ammonia was added drop by
drop until the solution turned lemon yellow, followed by the addition of two more drops.
The solution underwent filtration using a slow qualitative filter paper, and the resulting
filtrate was collected in a 50 mL cuvette. The conical flask and filter paper were rinsed
three times with deionized water, and the filtered liquid was collected in a cuvette and was
measured at 420 nm. Antimony concentration in wastewater was determined by ICP-AES.

Then, the best conditions for treating the Sb wastewater with SRB were determined.
The subsequent experiment was set up as follows: 300 mL solution with 30 mg/L Sb(III) and
45 mg/L Sb(V), pH 7.1 ± 0.1, temperature 30 ◦C. The Sb-containing wastewater was treated
with SRB (inoculation rate 10%) for 4 days. The bacterial cells, water, and precipitates were
collected for further analysis.

2.4. Microbial Morphology

To detect the microbial morphology, the samples after 24 h treatment were collected
by centrifuging. Scanning electron microscopy (SEM) was employed to examine the
morphology of the sulphate-reducing bacteria. The specimens underwent double fixation
with glutaraldehyde and osmium tetroxide (H2[OsO4(OH)2]), followed by a gradient
ethanol dehydration process lasting 15–25 min.

2.5. Morphological Structure and Chemical Composition of the Products

After washing and freeze-drying, two sample sets were obtained: untreated SRB
organisms and SRB organisms adsorbed with Sb(III)/Sb(V). Scanning electron microscopy–
energy dispersive X-ray (SEM-EDX) was used to analyze the morphology and composition
of both untreated SRB bacteriophage samples and those with Sb(III)/Sb(V) adsorption.
In addition, X-ray photoelectron spectroscopy (XPS) was employed to comprehensively
characterize the elemental composition, including C, N, O, P, S, and Sb spectra, for further
investigation of the chemical properties on the SRB surface.

3. Results and Discussion

3.1. Morphology and Growth Characteristics of SRB

The bacterial liquid was black in color, accompanied by hydrogen sulphide gas.
Scanning electron microscope (SEM) observation showed that the SRB bacteria were in
the shape of an arc (Figure A1). During the SRB growth, the pH value fluctuated between
7.2 and 7.5, the Eh redox potential was maintained between −55 mV and −70 mV, and
the number of bacteria reached the maximum on the 4th day, and then began to decrease
on the 5th day due to the accumulation of the product H2S. After 7–9 days of incubation,
the precipitation effect of SRB on SO4

2− in the medium was higher than 91%, and a large
desulphurization rate was achieved. It was shown that the sulphate-reduction rate of SRB
reached a maximum in the pH range of 7.0–7.5, which justified the better desulphurization
efficiency of the SRB bacteria used in this experiment [21,22].
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3.2. Sb(III)/Sb(V) Precipitation by SRB Under Different Conditions

The pH, temperature, carbon to nitrogen ratio, and SO4
2− concentration exert different

impacts on the precipitation of Sb(III) and Sb(V) (Table 1).

Table 1. Precipitation of Sb(III)/Sb(V) by SRB under different conditions on day 7.

Precipitation Rate of
Sb(III)

(%)

Precipitation Rate of Sb(V)
(%)

pH

4 25.89 ± 4.20 62.07 ± 4.20
5 45.44 ± 2.64 77.13 ± 3.23
6 98.09 ± 5.35 87.17 ± 6.10
7 91.57 ± 5.06 94.89 ± 4.37
8 89.89 ± 3.45 91.21 ± 3.89

Temperature (◦C)

20 88.97 ± 2.65 87.54 ± 5.06
25 91.53 ± 5.56 91.56 ± 3.55
30 91.57 ± 8.06 94.89 ± 4.37
35 94.60 ± 2.65 97.53 ± 2.66

C/N

20:1 75.77 ± 4.20 88.36 ± 5.05
40:3 90.26 ± 4.64 95.28 ± 6.55
10:1 91.57 ± 4.06 94.89 ± 4.37
8:1 86.66 ± 3.35 93.22 ± 6.39

20:3 72.07 ± 4.45 87.46 ± 5.45

SO4
2− (mg/L)

800 92.92 ± 2.65 96.27 ± 2.37
1200 92.42 ± 5.56 95.97 ± 2.36
1600 91.57 ± 8.06 94.89 ± 4.37
2000 94.23 ± 4.25 94.16 ± 4.66

pH: For Sb(III), sulphate-reducing bacteria started to precipitate Sb(III) at partial
neutrality (pH 6–8). The precipitating efficiencies of Sb(III) at pH 6, 7, and 8 on the seventh
day were 98.09%, 91.57%, and 89.89%, while it was 25.89% at the weakly acidic condition
(pH 4). Similar findings were observed for Sb(V). At pH 4, Sb(V) precipitated at a rate of
62.06%; at pH 7, it reached a maximum fixation rate of 94.89%; at pH 8, it decreased slightly
to 91.21%. The pH values of 6 and 7, respectively, were optimal for the precipitation of Sb(III)
and Sb(V) by SRB. The result is similar to a previous study [23], which showed that SRB
were less active under acidic conditions and had a higher solution redox potential during
growth, which reduced the efficiency of desulphurization and antimony precipitation.

The inhibitory effects of low pH on the desulphurization and antimony precipitation
by SRB are varying and complicated. The effect of pH on SRB can be explained in two ways.
Firstly, pH has a direct impact on SRB metabolism, disrupting its cellular homeostasis,
destroying the pH gradient from the inside and outside of the cell, and ultimately causing
energy loss. More protons diffuse through the cell membrane at lower pH levels than
at neutral pH due to diffusion pressure across the membrane. To cope with low pH
stress, SRB employ both active and passive mechanisms to maintain pH homeostasis.
Active mechanisms include proton pumps, which actively expel excess H+ ions from
the cell using ATP, and amino acid decarboxylases, which produce neutralizing amines
through decarboxylation reactions. Passive mechanisms involve changes in membrane
lipid composition to reduce proton permeability and the expression of positively charged
surface proteins that buffer external H+ ions. These strategies help stabilize intracellular
pH but divert energy from growth and metabolism, thereby impacting SRB performance
in acidic environments. More energy from redox processes was needed to maintain
pH homeostasis if the pH gradient in the extracellular and intracellular environments
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was too great [24]. Second, the pH changed the forms of some elements found in the
environment, including organic acids, heavy metals, and sulfides. The forms of sulphur
metabolites (H2S, HS− and S2−) present in the solution of sulphate-reducing bacteria
are dependent on the pH of the solution, and in acidic solutions (pH 4.5–5.27), the main
form of sulfide substances present was molecular H2S (~99%), which tended to volatilize
easily [25], and therefore desulphurization for Sb(III) precipitation at a pH of 4.57 was
less efficient. Under the condition of a neutral environment, the aqueous solution had
a high concentration of sulfide, which increased the probability of Sb(III) binding with
sulfide [26]. The SRB metabolism was stronger, so the neutral environment was more
conducive to the desulfurization and antimony precipitation from wastewater by SRB. As
shown in Figure 1a, as the initial pH increased, so did the removal of SO42− and Sb(V).
This might be the result of a higher pH, a drop in H+ concentration, less competition, and
a larger amount of heavy metal ion adsorption on the active sites, which would increase
the removal of heavy metal ions [27].

Figure 1. Effects of various parameters on the removal efficiency of Sb(III) and Sb(V) by sulfate-
reducing bacteria (Desulfovibrio desulfuricans): (a) Initial pH (4, 5, 6, 7, and 8) at initial Sb concentration
30 mg/L, temperature 25 ◦C, C/N ratio 10:1, and sulfate concentration 1600 mg/L. (b) Temperature
(20, 25, 30, and 35 ◦C) at initial Sb concentration 30 mg/L, pH 7, C/N ratio 10:1, and sulfate concentra-
tion 1600 mg/L. (c) Initial C/N ratio (20:1, 40:3, 10:1, 8:1, and 20:3) at initial Sb concentration 30 mg/L,
temperature 25 ◦C, pH 7, and sulfate concentration 1600 mg/L. (d) Initial sulfate concentration (800,
1200, 1600, and 2000 mg/L) at initial Sb concentration 30 mg/L, temperature 25 ◦C, pH 7, and C/N
ratio 10:1.

Temperature: Figure 1b shows the effect of different temperature conditions on anti-
mony precipitation. On the 7th day, the precipitation efficiency of SRB for both Sb(III) and
Sb(V) exceeded 90% at 25–35 ◦C. The precipitation efficiency of SRB for Sb(III) was 91.56%,
88.97%, and 94.60%, respectively. The precipitation efficiencies were 91.56%, 88.97%, and
94.60% for Sb(III) and 91.56%, 94.89%, and 97.53% for Sb(V). The combined findings demon-
strated that 35 ◦C was the ideal temperature for both Sb(III) and Sb(V) precipitation by SRB
in this investigation. A previous study concluded that SRB reduced thiosulfate at a growth
temperature of 40–50 ◦C. However, when the growth temperature reached 30◦C, virtually
no H2S was produced [28]. And the results showed that the ideal growth temperature
range for SRB was 25 ◦C to 35 ◦C, which was consistent with this study.

There are two main ways that temperature affects Sb precipitation by SRB. On the one
hand, temperature is an important influencing factor for the growth of SRB. Temperature
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modifies the microorganism’s own enzyme activity, which in turn affects the efficiency
of Sb(III) fixation. Certain enzymes in these cells will be inhibited by too high or too low
a temperature, which will negatively impact cell growth and product synthesis, as well
as alter cell morphology, metabolic function, and microbial toxicity, or even cause cell
death [29]. Additionally, low temperature caused the lipids in the cell membrane to wax
and the activity of membrane proteins to decrease, which limited the cell membrane’s ability
to transport electron donors and electron acceptors. This was the primary mechanism by
which low temperature affected SRB metabolism [30]. On the other hand, the solubility
of H2S in wastewater was influenced by temperature; high temperatures make H2S less
soluble in wastewater, which lessens H2S’s inhibitory effect on SRB [31].

C/N ratio: The C/N ratio represents the relative availability of carbon and nitrogen
sources in the medium, which is a critical factor affecting bacterial growth and metabolism.
Different C/N ratios in the substrate have certain effects on microbial growth. Reasonable
adjustment of the C/N ratio in the substrate was one of the efficient measures to accelerate
microbial growth and promote microbial action. The C/N ratio of Sb(III) and Sb(V) were
shown in Figure 1c. Both high (20:1) and low (20:3) C/N ratio affected the growth of SRBs
and their efficiency of desulphurization and antimony precipitation, and the immobilization
rates of Sb(III) were 90.26%, 91.57%, and 86.66% for C/N ratios of 40:3, 10:1, and 8:1,
respectively. When the C/N ratio was 40:3, the Sb(V) precipitation rate reached the highest
value of 95.28%, which was the optimal C/N ratio.

At a low C/N ratio (e.g., 20:3), Sb(V)-removal efficiency decreased significantly due to
limitations in microbial growth and metabolism. Microbial stoichiometry and metabolic
theory state that when a substrate’s low C/N ratio (or high N availability) satisfies microbial
requirements or when the compounds are easily broken down by the microorganisms,
increasing the production of enzymes and the breakdown of organic carbon, microbial
activity is higher [32]. Therefore, the selection of an appropriate carbon-to-nitrogen ratio
in microbial growth media can alleviate the metabolic constraints of microorganisms in
heavy metal environments and enhance the efficiency of heavy metal fixation. Research
has demonstrated that the growth and metabolism of SRB were restricted by a low C/N
ratio [33]. In contrast, a high C/N ratio, insufficient nitrogen, low buffering capacity of the
digestive solution, and easy decrease in pH caused the effectiveness of SRB’s removal of Sb
to decline. The selection of an appropriate carbon-to-nitrogen ratio is critical to alleviating
metabolic constraints in microorganisms under heavy metal stress. While a low C/N ratio
can inhibit Sb(V) removal by limiting SRB activity, excessively high C/N ratios can lead to
nitrogen insufficiency, low buffering capacity, and pH reductions, all of which also reduce
Sb(V) removal efficiency.

SO4
2− concentration: Increase in SO4

2− concentration had little impact on the Sb(V)
and Sb(III) immobilization efficiency of SRB; moreover, the Sb(V) immobilization efficiencies
were higher than 94% in the range of sulphate concentration of 800–2000 mg/L. The
results indicated that the immobilization efficiency of Sb(V) in the range of 800–2000 mg/L
was higher than 94%. Meanwhile, the precipitation rate of Sb(III) under each SO4

2−

concentration condition was above 91.02%.
The SO4

2− concentration in the solution directly reflects the equilibrium relationship
between the substrate and microorganisms, and is also the main indicator of the system’s
ability to reduce sulfate ions. The production of hydrogen sulfide through heterogeneous
sulfate reduction, or sulfide generation, is the fundamental metabolic characteristic of SRB.
Sulfate and sulfite can be the electron acceptors for SRB during heterogeneous sulfate
reduction [34]. When sulfate levels are sufficient, sulfate serves as the main electron
acceptor for SRB metabolism; in situations where sulfate levels are insufficient, sulfite
serves as the primary electron acceptor. It was demonstrated that SRBs can grow normally
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despite very low sulfate concentrations, and that microorganisms in the environment can
propel this low-sulfate lake’s sulfur recovery to high levels [35].

In this study, the SRB strain could grow well under the Sb(III) concentration of 30 mg/L.
Under anaerobic conditions, when the Sb(III) concentration is 30 mg/L, the temperature is
30 ◦C, the pH value is 7.13, the C/N ratio is 10:1, and the SO4

2− concentration is 1600 mg/L;
the removal rate of Sb(III) by SRB could reach up to 91.02%. For Sb(V), the SRB strain
could grow well under 60 mg/L of Sb(V). A lower toxicity of Sb(V) compared to Sb(III)
would lead to the tolerance concentration of Sb(V) being higher than that of Sb(III). Under
anaerobic conditions, when the Sb(V) concentration is 45 mg/L, the temperature is 35 ◦C,
the pH value is 7.24, the C/N ratio is 40:3, the SO4

2− concentration is 2000 mg/L, and the
removal rate of Sb(V) by the SRB reaches 94%. Even though the precipitation rate was a
bit lower than some previous studies which reached up to 98.7% removal rate [10], the
initial Sb concentration was much higher in our study than other studies (45 mg/L vs.
20 mg/L). Much more Sb was removed in our study than previous studies. The results
indicate that the Desulfovibrio desulfuricans CSU_dl strain had excellent Sb tolerance, as well
as bioremediation potentials.

3.3. Characterization of Precipitates Generated by SRB

The morphology and chemical composition of Sb(III)/Sb(V) precipitates on the SRB
cell surface were investigated using SEM-EDS (Figure 2). The SRB cells exhibited a smooth
surface with significant pore cavities and thin pore walls. Chemical composition analysis
of the SRB cell surface indicated that C, P, O, S, and N were the primary elements. Af-
ter immobilization, Sb(III) adsorption on the SRB cell surface resulted in morphological
changes, including a rougher surface, blocked pore cavities, thicker pore walls, and the
formation of ellipsoidal insoluble material. The corresponding surface chemical analysis
revealed that C, S, P, Sb, O, and N were the main elements in the reaction products. These
observations suggest that Sb(III) precipitation occurred on the SRB cell surface, producing
antimony trisulphide (Sb2S3) as the primary product. The mechanism driving Sb(III) pre-
cipitation is hypothesized to involve mineralization mediated by cell wall surface materials,
as represented by the following reaction (Equation (1)):

3S2− + 2Sb(OH)3 + 6H+ → Sb2S3(s) + 6H2O (1)

The mechanism of Sb(V) precipitation by SRB organisms (Equations (1) and (2)) is
inferred from the above results, where part of Sb(V) were reduced to Sb(III), and miner-
alization occurred under the action of cell wall surface substances to produce antimony
trisulphide and antimony pentasulphide, resulting in the precipitation of Sb(V) from the
wastewater by SRB.

5S2− + 2Sb(OH)6
− + 12H+ → Sb2S5(s) + 12H2O (2)

Cell morphology analysis by SEM indicated that the precipitation of Sb occurred
mainly on the cell surface. In particular, abundant P elements were observed on the cell
surface as indicated by EDS analysis. This could be due to P being the essential elements
for the cell membrane. P could co-precipitate with heavy metals, which further promoted
the precipitation of Sb. The results were further supported by the XPS and FTIR analysis.

12



Toxics 2025, 13, 17

 

Figure 2. SEM images of freeze-dried SRB bacteria solution (a), SRB-Sb(III) immobilized products
(b), SRB-Sb(V) immobilized products (c); EDM images of freeze-dried SRB bacteria solution (e),
SRB-Sb(III) immobilized products (d), SRB-Sb(V) immobilized products (f).

3.4. Analysis of Surface Functional Groups Involved in the Adsorption and Immobilization of
Sb(III)/Sb(V) by SRB

The chemical composition, elemental valence, and binding forms of SRB before and
after immobilization of Sb(III)/Sb(V) by adsorption were investigated by XPS analysis.
As shown in Figure 3, the SRB adsorption-immobilized Sb(III)/Sb(V) products clearly
identified the peaks of P 2p, S 2p, C 1s, N 1s, O 1s, and Sb 3d5/2 in the scanning spectra,
with the peaks of Sb 3d5/2 and O 1s being very close to each other at the binding energy
of 528 eV–530.3 eV. The characteristic peak of Sb 3d3/2 was also identified in the product
of SRB adsorption of immobilized Sb(III). The S 2p peak corresponds to a binding energy
of 164.3 eV, and its increase indicated the production of sulphides in the product. This
suggests that sulphate-reducing bacteria react with Sb(III) or Sb(V) in solution, allowing
antimony to be adsorbed onto the product surface, which remains consistent with our
previous predictions.
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Figure 3. The XPS survey spectra of different SRB before and after Sb(III)/Sb(V) adsorption: (a) full
spectrum; (b) N 1s orbital part spectrum. The red line represents the XPS analysis of the surface of
normal SRB cells, the pink line represents the XPS analysis of SRB cell surfaces after Sb(V) adsorption,
and the blue line represents the XPS analysis of SRB cell surfaces after Sb(III) adsorption.

On the basis of the shape of the XPS absorption peak in the N 1s orbital fractionation
spectrum (Figure 3b), the binding energy of the N 1s peak is 399.08 eV in the SRB treatment,
399.10 eV in the SRB-Sb(III) treatment, and 399.38 eV in the SRB-Sb(V) treatment, suggesting
that the binding energy of the N 1s peak in SRB to Sb(V) biosorption immobilization is
shifted to the right, indicating a possible loss of electrons. This may be due to the metal ion
chelating with the N atom in the amino and imine groups and the pair of lone electrons
in the N atom being shared with the metal ion, resulting in a lower electron cloud density
and a higher binding energy peak for the N atom [36].

Three peaks originally made up the C 1s orbital fractionation of the XPS absorption
peaks (Figure 4a), which corresponded to C-C (284.08 eV), C-O (285.58 eV), and C=O
(287.28 eV). The amount of C-O increases and the amount of C-C and C=O decreases fol-
lowing the adsorption immobilization of Sb(III) and Sb(V), as can be observed, suggesting
the participation of carbonaceous groups in the Sb adsorption immobilization process.

The P 2p orbital spectra of the XPS absorption peaks (Figure 4b) initially consisted of
two peaks corresponding to O=P(OR)3 (133.18 eV) and P-C (132.28 eV), respectively. It can
be seen that after the adsorption and immobilization of Sb(III)/Sb(V), the O=P(OR)3 content
decreased and the P-C content increased, and the P-C content exceeded the O=P(OR)3

content, indicating that there is a relevant chemical reaction occurring between Sb(III)/Sb(V)
and phosphorus-containing groups, and that phosphorus-containing functional groups
play an important role in the adsorption and immobilization of Sb, which is consistent with
the results of previous research [37].

The S 2p channel splitting spectrum of the XPS absorption peaks (Figure 4c) initially
consisted of four peaks corresponding to S2− (160.68 eV), S2

2− (162.38 eV), Sn
2− (163.98 eV),

and SO4
2− (167.88 eV). Significant increases in S2− and decreases in S2

2− and Sn
2− were

seen in Sb(III) and Sb(V); after Sb(III) was immobilized, SO4
2− increased, and after Sb(V)

was immobilized, SO4
2− dropped. Sb 3d3/2, which does not overlap with the O 1s, was

employed as a guide for the fitting of the Sb 3d5/2 peak because the Sb 3d5/2 peak overlaps
with the O 1s. Therefore, the spin-orbit splitting and ratio of the Sb 3d3/2 peak dictate the
strength and binding energy of the Sb 3d5/2 peak. The two characteristic peaks in Figure 4d
for Sb(III) and Sb(V) at the binding site during Sb(V) adsorption show that Sb(V) was
partially decreased during adsorption. The reduction reaction, however, is thought to occur
during the adsorption of Sb(V) by SRB, with S2

2− and Sn
2− in solution and their surface

14



Toxics 2025, 13, 17

functional groups acting as electron donors, reducing Sb(V) to Sb(III) and immobilizing it
by binding to functional groups to form mineralized substances. This is supported by the
presence of the Sb(III) peak at 530.88 eV.

Figure 4. The XPS spectrum of different SRB before and after Sb(III)/Sb(V) adsorption (a) C 1s, (b) P
2p, (c) S 2p, (d) Sb. The pink line represents the total XPS spectra of each element, while the different
filled lines represent the XPS spectra of the various chemical bonds of that element.

4. Conclusions

Due to the massive mining and utilization of antimony-mining resources, the surround-
ing water and soils are seriously polluted. The sulfate-reducing bacteria (SRB) method
has the advantages of high efficiency, low cost, and no secondary pollution, and is highly
advantageous in the treatment of antimony-contaminated water and soil. In this study, we
find that under anoxic conditions, the precipitation rate of Sb(III) wastewater treated by
SRB reached more than 91.02% when the Sb(III) concentration was 30 mg/L, temperature
was 30 ◦C, pH was 7.13, C/N ratio was 10:1, and SO4

2− concentration was 1600 mg/L.
When the Sb(V) concentration was 45 mg/L, the temperature was 35 ◦C, the pH was 7.24,
the C/N ratio was 40:3, and the SO4

2− concentration was 2000 mg/L, the precipitation rate
of Sb(V) from the wastewater by SRB was more than 94%. The morphology and precipita-
tion of antimony are largely influenced by abiotic factors that restrict the growth of SRB
bacteria. However, these factors do not work exactly the same for Sb(III) and Sb(V). The
cell surface is the main activate site for Sb adsorption and precipitation. Sb was adsorbed to
the SRB cell surface by the C-C and C=O group; the P-containing group also played a role
in adsorption and precipitation of SRB. The adsorbed Sb was then precipitated by forming
the sulfide precipitation. In this process, S2

2− and Sn
2− and their surface functional groups

acted as electron donors, reducing a part of Sb(V) to Sb(III) and combining with functional
groups. Mineralization occurred on the surface of SRB cells, generating Sb2S3 and Sb2S5

solid precipitates, thus achieving the precipitation of Sb(III)/Sb(V) from wastewater by
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SRB. However, this study used artificially generated wastewater, which may be different
to real conditions. A further study using real wastewater with complex pollutants is also
needed to promote the SRB remediation technology.
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Appendix A

 

Figure A1. Sulfate-reducing bacteria solution (a) and scanning electron microscope image (b).
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Figure A2. Parameter changes during the growth of sulfate-reducing bacteria (a) pH, (b) Eh, (c) OD600,
(d) SO4

2− removal efficiency.
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Abstract: For many decades, natural and modified clay minerals have been used as adsorbents to
clean up aquatic and soil ecosystems contaminated with organic and inorganic pollutants. In this
study, organoclays based on bentonite and various amphoteric and nonionic surfactants were synthe-
sized and tested as effective sorbents for lead ions. The maximum values of R were obtained when
describing the sorption processes using the Langmuir model, which ranged from 0.97 to 0.99. The ad-
sorption of lead ions by these organoclays was investigated using different sorption models including
the Langmuir, Freundlich, and BET. It was found that, according to the values of limiting adsorption
to the Langmuir equation, the synthesized organoclays formed an increasing series: organoclay with
cocamide diethanolamine < bentonite < organoclay with lauramine oxide < organoclay with sodium
cocoiminodipropionate < organoclay with disodium cocoamphodiacetate < organoclay with alkyl
polyglucoside. The Gibbs energy for all of the analyzed samples was calculated and found to be
negative, indicating the spontaneity of the cation adsorption process in the forward direction. The
maximum value of the adsorption capacity of lead cations on organoclay-based bentonite with alkyl
polyglucoside was 1.49 ± 0.05 mmol/g according to the Langmuir model, and 0.523 ± 0.003 mmol/g
as determined by the BET model. In the process of modifying bentonite, there was an increase in
negative values of the zeta potential for organoclays compared to the initial mineral, which clearly
enhanced their electrostatic interactions with the positively charged lead ions. It was hypothesized,
based on the physicochemical principles, that exchange adsorption is the main mechanism for lead
absorption. Based on chemical approaches, organoclays based on amphoteric surfactants absorb lead
mainly through the mechanisms of electrostatic attraction, ion exchange, and complexation as well
as the formation of insoluble precipitates. Organoclays based on nonionic surfactants, on the other
hand, absorb lead through mechanisms of complexation (including chelation) and the formation of
insoluble chemical precipitates. The comparison of isotherms from different models allows us to find
the most accurate match between the model and the experimental data, and to better understand the
nature of the processes involved.

Keywords: clays; surfactants; modification; adsorption; heavy metals; ecosystem remediation

1. Introduction

The widespread heavy metal pollution of environmental objects is one of the most
significant environmental issues today [1]. Metals do not decompose biologically or chemi-
cally, but instead undergo transformations of their compounds, leading to their long-term

Toxics 2024, 12, 713. https://doi.org/10.3390/toxics12100713 https://www.mdpi.com/journal/toxics19



Toxics 2024, 12, 713

presence in soil, ground, and sediment, which can become sources of secondary pollution
over time. Numerous studies have demonstrated that the accumulation of heavy metals
in soil can pose risks to soil fertility and quality, disrupting its ecological functions [2–4].
In soil environments, processes such as sorption, desorption, chemical complexation with
inorganic and organic ligands, and oxidation–reduction are crucial for monitoring the avail-
ability, mobility, and toxicity of heavy metals. These reactions are influenced by various
factors including pH, the composition of the soil, the presence of inorganic and organic
ligands such as humic and fulvic acids, and microbial metabolites and root exudates [5,6].

Currently, a significant challenge lies in the search for and development of efficient,
environmentally friendly, and cost-effective remediation techniques for soils contaminated
with heavy metals. These techniques should reduce the mobility and biological activity
of these pollutants in order to improve the overall health of the environment. Several ap-
proaches have been explored including the use of graphene oxide modified with chitosan to
adsorb lead(II) ions [7], polymer adsorbents based on ethylenediamine, diethylenetriamine,
and tetraethylenepentamine [8], carbon nanotubes [9], humic acids [10,11], biochar [12],
and natural and modified clay minerals [13,14]. These materials have shown promise in
reducing the concentration of heavy metals in contaminated soils. Natural and modified
clay minerals with expanding structural cells have also been considered as potential re-
mediation materials due to their ability to interact with and remove heavy metals from
soil. These materials hold great potential for future research and development efforts in
this area.

Natural montmorillonite has traditionally been used to absorb and immobilize various
cationic pollutants such as heavy metals, dyes, and some pesticides [15]. Bentonite clay
pastes and suspensions have been used to decontaminate clothing, equipment, and building
materials during the clean-up of the Chernobyl disaster as well as prevent the movement of
radionuclides through water [16]. It has been shown that natural clays are highly effective
at absorbing Cs+ from radioactive waste [17].

Various physical and chemical methods for modifying clay can significantly improve
its sorption properties and expand its application for new substances. Currently, there is
active research underway on the sorption properties of clay minerals modified with organic
substances, also known as organoclays. The sorption efficiency and strength of pollutant
binding as well as the methods for synthesizing and applying organoclays are all being
optimized [18–20].

The interaction between organic matter and clay minerals is a complex process that
is influenced by the chemical nature and structural characteristics of the minerals as well
as the physical and chemical properties of the organic matter. It is also influenced by
the environmental conditions under which the interaction occurs. Organic matter has a
significant impact on clay minerals, altering their surface through the formation of chemical
bonds and intermolecular aggregates. These interactions are facilitated by hydrogen bonds
and Van der Waals forces as well as physical contact. As a result, the resulting organoclay
products exhibit properties that differ significantly from those of the individual starting
materials. At present, the mechanisms of interaction between heavy metals and the complex
organoclays have not been thoroughly investigated. The study of these mechanisms, using
individual organic matter with known properties, also contributes to our understanding
of the interactions between specific and nonspecific soil organic matter and the mineral
components of soil in complex natural systems.

The most common way to describe adsorption processes and the properties of adsor-
bents and adsorbates is through the use of adsorption isotherms, which are constructed
based on experimental data. These isotherms are equations that describe the equilibrium be-
tween the concentration of retained metal ions at the surface of the adsorbing material and
the concentration in the surrounding solution. Equilibrium data from experiments are fitted
into these equations to create adsorption isotherm models [21]. An adsorption isotherm
can be used to visualize the dynamic equilibrium between these two concentrations at
a given temperature and initial adsorbate concentration. It can also help to determine
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the type of adsorption (monolayer or multilayer) and the nature of the surface (homoge-
nous or heterogenous). Additionally, it can distinguish between physical adsorption and
chemisorption [22]. Adsorption isotherms can be used to determine the thermodynamic
parameters that characterize the adsorbed layer such as the heat of adsorption, changes in
entropy, and heat capacity associated with the adsorption process. In the case of physical
adsorption isotherms, they can also be used to calculate the surface area of the adsorbed
layer [23]. The equations for adsorption isotherms provide valuable information about the
capacity of the adsorbent and the strength of the interaction between the adsorbate and
adsorbent [24].

Experimental data obtained from the equilibrium distribution of the adsorbate provide
specific and individual characteristics for each system. Therefore, modeling the adsorption
isotherms is essential for assessing the applicability of adsorbents and designing an optimal
adsorbent–adsorbate system for the desired separations [25]. Isothermal models, such as
Langmuir, Freundlich, Dubinin–Radushkevich, Brunauer–Emmett–Teller (BET), Temkin,
and others, are used to predict the equilibrium behavior of metal ions during adsorption on
clay adsorbents [26]. Although there are many isotherm models available in the literature,
it is important to select those that describe the physical and chemical properties of the
adsorbing material most closely. Comparing isotherms from different models allows for
a more accurate match with the experimental data and a better understanding of the
underlying processes.

The aim of this study was to investigate the sorption characteristics of organomineral
complexes formed by bentonite clay and amphoteric or nonionic surfactants in relation to
lead ions by using adsorption isotherm models.

2. Materials and Methods

2.1. The Composition and Properties of the Initial Clays

Bentonite from the Sarigyukh deposit in Armenia (Bento Group Minerals, Moscow,
Russia) was used to create the organoclays. The manufacturer states that it has the following
oxide composition: SiO2—58.3%, Al2O3—14.3%, Fe2O3—4.4%, MgO—3.6%, Na2O—2.3%,
K2O—1.2%, and CaO—2.1%. The mineral’s cation exchange capacity is 105 mg eq/100 g.

2.2. X-ray Diffraction Analysis

A X-ray diffractometric study of a clay mineral was conducted at the Institute of
Physicochemical and Biological Problems of Soil Science of the Russian Academy of Sci-
ences using a DRON-3 diffractometer (SPE Burevestnik, St. Petersburg, Russia). The
experiment was performed under normal conditions with CuKα radiation. The survey
was conducted in the angle range of 2◦ < 2θ < 20◦, with a scanning step of 0.05◦, and an
exposure time of τ = 1 s. Diffractograms were taken for qualitative and semi-quantitative
determinations from oriented preparations prepared by the natural orientation of clay
particles on a glass substrate at normal pressure and room temperature. Three preparations
with the same suspension density and thickness were studied on the substrate [27].

2.3. Surfactants Used for Modification

For the synthesis of organoclays based on bentonite, commercially available ampho-
teric and nonionic preparations of surfactants were used (ETS, Moscow, Russia) (Table 1).

These surfactants are used as detergents.
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Table 1. Surfactants used for the synthesis of organoclays.

Name Formula

Amphoteric surfactants

Disodium cocoamphodiacetate

 

Sodium cocoiminodipropionate

 
Nonionic surfactants

Lauramine oxide

 

Cocamide diethanolamine

 

Alkyl polyglucoside

 

2.4. Organoclay Synthesis

The monoionic sodium form of bentonite was used to synthesize organoclays. To
prepare the monoionic form of the mineral, 0.2 N NaCl was added to a purified natural
phyllosilicate that had been crushed to particles smaller than 75 μm twice—first for 6 h, and
then for another 18 h at a ratio of 1:50 (weight:volume). After the procedure was completed,
the mineral was washed with deionized water several times until a negative chloride
ion test with AgNO3 was obtained. The solid phase was separated from the liquid by
centrifugation at 10,000 rpm for 10 min, and the mineral was then dried at 60 ± 2 ◦C until
it reached a constant weight. Finally, the dried mineral was crushed into a fine powder.

A total of 1 g of the surfactant was dissolved in 95 mL of deionized water and added to
5 g of the mineral in a conical flask. The mixture was thoroughly stirred with a glass rod and
then placed on a digital orbital shaker S-3M.A10 (SIA “ELMI”, Riga, Latvia) in a closed flask
at a frequency of 180 strokes per minute for 24 h at a temperature of 22–23 ◦C. Afterward,
the organoclay and the liquid phase were separated by centrifugation using a laboratory
bench top centrifuge CLn-16 (Xiangzhi Centrifuge, Changsha, China) at 10,000 rpm per
minute for 10 min, followed by decantation of the supernate.

The sediment was washed three times with 40 mL of deionized water in centrifuge
tubes, and thoroughly stirred for 60 s with a glass rod. The liquid phase was then separated
by centrifugation at 10,000 rpm for 10 min, and the supernatant was decanted. After
combining the sediment in a Petri dish, the organoclay was dried at 60 ± 2 ◦C until it
reached constant weight. This temperature was chosen to prevent the decomposition and
transformation of the sorbed organic matter. After grinding the organoclay in an EM-100
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laboratory mill (Vetinstrument, Rodninki, Russia), the resulting material was stored in
hermetically sealed weighing bottles with a ground-in lid and placed in a desiccator.

2.5. Adsorption Experiment

The study of heavy metal adsorption by the synthesized organoclays was conducted
through static sorption experiments. Lead cations, in the form of nitrate, were chosen as
the model heavy metal. A solution of metal nitrate with varying concentrations (ranging
from 0.4 mM to 4 mM) was added to 0.2 g of organoclay in a 100 mL conical flask. The
experiments were performed in an electrolyte solution of 0.01 M KNO3 with a pH of 5
to ensure equalization of the ionic strength of the solution. The solid-to-liquid ratio was
0.2:25, and the suspension was thoroughly mixed. After mixing, the flasks were shaken on
an orbital shaker at a frequency of 180 movements per minute, for 3 h, at a temperature of
22–23 ◦ C. After this, the organoclay and liquid phases were separated by centrifugation
using a laboratory bench top centrifuge CLn-16 (Xiangzhi Centrifuge, Changsha, China) at
10,000 rpm for 10 min. The supernatant liquid was then decanted and filtered through a
syringe filter with a pore size of 0.45 μm.

The content of lead ions in the liquid phase was determined using flame atomic
absorption spectrometry on an Analytik Jena ContrAA® 800 F spectrometer (Analytik Jena
AG, Jena, Germany). The amount of metal adsorbed was calculated by comparing its
concentration in the initial solution with its concentration in equilibrium. To calculate the
sorption capacity of Pb2+ ions in the system, Equation (1) was used.

Q =
C0 − C

m
·V (1)

where Q is the amount of absorbed cations, mmol/g; C is the equilibrium concentration
of the metal with the sorbent, mmol/L; C0 is the analytical concentration of the metal,
mmol/L; V is the volume of the solution, l; m is the weight of the adsorbent, g.

The adsorption of Pb2+ ions on the surface of the initial bentonite and organoclays
based on amphoteric and nonionic surfactants was studied using the Langmuir, Freundlich,
and BET theoretical models.

2.6. Determination of pH of the Salt Extract

The exchange acidity of the initial bentonite and organoclays was determined using a
1 M KCl solution at a bentonite:solution ratio of 1:5 and potentiometric measurement of
the solution pH with the pH meter/ionometer ITAN (LLC NPP “Tomyaanalit”, Tomsk,
Russia) [28].

2.7. FTIR Spectroscopy

The infrared spectra of the samples were obtained using an FSM-2202 infrared Fourier
spectrometer (INFRASPEC, St. Petersburg, Russia). The spectra were collected in the range
of 4000–400 cm−1, in transmission mode, with a resolution of 4 cm−1 and a number of
scans of 4. The Norton–Beer average apodization technique was used. Before obtaining the
spectrum for each sample, a comparison sample of pure KBr was removed [29].

2.8. Determination of Zeta Potential by Electrokinetic Method

Determination of the zeta potential was carried out in the Department of Fundamental
Chemistry at The Novomoskovsk Institute of the D.I. Mendeleev University of Chemical
Technology. The zeta potential of samples was measured using a Stabino II (Colloid
metrix, Meerbusch, Germany) equipped with a microprocessor unit. The unit automatically
calculates the electrophoresis mobility of the particles and converts it to the zeta potential
using the Smoluchowski equation [30]. A sample of 1 g in 100 mL distilled water was
added to a thermostatic shaker bath (BIOBASE, Jinan, China) and rinsed for 24 h at
20 ± 2 ◦C. The samples were allowed to tend for 5 min to let larger particles settle. An
aliquot taken from the supernatant was used to measure the zeta potential. The average
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of five measurements was taken to represent the measured potential. The applied voltage
during the measurement was generally varied in the range of 50–150 mV.

3. Results and Discussion

3.1. X-ray Diffraction Analysis

The results of the X-ray diffraction analysis of the bentonite used are shown in Figure 1.
The analytical data indicate a high content of montmorillonite (12.49 Å) and minor impuri-
ties of quartz (3.32 Å) and feldspar (3.20 Å).

Figure 1. The results of the X-ray diffraction analysis of bentonite used in the synthesis of organoclays.

When the initial bentonite is converted to the monoionic sodium form, the distance
between particles remains practically unchanged (d001 = 12.45 Å). Therefore, the physical
distance between particles with a silicate plate thickness of 9.6 Å in the monoionic form is
approximately 2.85 Å.

3.2. IR Spectroscopy

According to the IR spectroscopy data (Figure 2), several characteristic absorption
bands were observed in the spectrum of the initial bentonite. These included bands at 978
and 1197 cm−1, which corresponded to free and associated forms of the Si–OH groups. The
absorption band at 1638 cm−1 was related to the stretching and deformation vibrations of
the OH group. The bands in the region of 798–838 cm−1 were caused by the vibrations
of the Si-O bond in tetrahedral molecules, while the bands in the range 426–439 cm−1

corresponded to the vibrations of this bond within the tetrahedron [31]. The bands between
3000 and 3700 cm−1 represented the stretching and deformation of OH groups in free or
bound water molecules, while the absorption at 2512 cm−1 corresponded to the formation
of chelate H-bridges with OH groups. Additionally, characteristic absorption bands for
Al-O groups in Al2O3 (1111 cm−1) and Si-O-Al stretches (645–669 cm−1) were also observed
as well as those related to O-C-O vibrations in CO3

2− ions (1197 cm−1) [32].
The IR spectra of bentonite samples treated with amphoteric surfactants showed

absorption bands that were characteristic of the original mineral form. However, there
was a decrease in the number of free -OH groups, which was likely due to the distribution
of surfactant molecules within the interlayer spaces of bentonite and the displacement of
water that was previously located there. The absorption bands at 1465, 2853–2927, and
1378 cm−1 corresponded to vibrations of the CH2 bond and CH3, respectively, indicating
the presence of organic compounds within the structure. Additionally, the appearance of
absorption bands at 1542, 1320, and 1583 cm−1 was related to amino groups and carboxylate
acid residues (Figure 2).
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Figure 2. IR spectra of the synthesized organoclays using amphoteric surfactants.

For organoclays synthesized with the participation of nonionic surfactants, a similar
situation was observed as with the modification by amphoteric surfactants (Figure 3).

Figure 3. IR spectra of the synthesized organoclays using nonionic surfactants.

In addition, there was a shift to the long-wave region of hydroxyls (1608 cm−1), car-
bonyls (-C=O 1718 cm−1), and absorption bands 2855–2929 cm−1, belonging to asymmetric
and symmetric stretching vibrations of the CH2− group of the adsorbed surfactant.

3.3. The Acid–Base Properties of the Original and Modified Bentonite

When characterizing the cation exchange capacity of bentonite and the organoclays,
the acid–base properties of the samples were determined. The most significant factor for
the cation exchange process is the exchange acidity, which is determined in a salt extract.
H+ and Al3+ ions from this type of acidity are the first to enter into exchange reactions and
compete with exchange cations. The results of the acid–base property determination are
presented in Table 2.
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Table 2. The acid–base properties of the original and modified bentonite.

Samples
pH of the

Aqueous Extract
pH of the Salt

Extract

Bentonite 8.37 ± 0.05 9.79 ± 0.05

Organoclay with sodium cocoiminodipropionate 8.38 ± 0.04 9.78 ± 0.02

Organoclay with lauramine oxide 8.19 ± 0.02 9.81 ± 0.02

Organoclay with cocamide diethanolamine 8.62 ± 0.05 10.92 ± 0.04

Organoclay with disodium cocoamphodiacetate 8.41 ± 0.02 9.78 ± 0.01

Organoclay with alkyl polyglucoside 8.63 ± 0.01 10.10 ± 0.01

The pH values of the aqueous and salt suspensions of the original and modified forms
of bentonite were alkaline, ranging from 8.19 ± 0.02 to 10.92 ± 0.04. The original form
of bentonite had a slightly alkaline environment (aqueous pH of 8.38 ± 0.04). The salt
extract had a pH of 9.78 ± 0.01, indicating the presence of some exchange acidity due to
the presence of mobile exchange ions in the material.

The modification of bentonite with different types of surfactants (amphoteric and
nonionic) affected the dehydration of the surface functional groups of the bentonite. The
pH of the solutions of the aqueous and salt extracts from the modified samples shifted
toward the alkaline region to varying degrees

3.4. Isotherm Studies

An accurate representation of the dynamic adsorption process of a solute on an
adsorbent depends on the description of its equilibrium distribution between the two
phases. Equilibrium is reached when the amount of solute adsorbed on the adsorbent
is equal to the amount disturbed in the solution. The equilibrium concentration of the
solution remains constant. The graph displaying the dependence of the concentration of
the adsorbed solute in the solid phase and the concentration in the liquid phase shows the
equilibrium adsorption isotherm [33–36].

Sorption equilibrium isotherms are an important tool for analyzing and designing
adsorption systems and provide a way to assess and interpret thermodynamic parameters.
While isotherms may accurately match the experimental data under certain conditions, they
can completely disagree under other conditions. This paper presents the results of fitting
adsorption isotherms using the Langmuir, Freundlich, and BET models as they allowed us
to find the best possible fit between the experimental and theoretical data.

3.4.1. The Langmuir Isotherm

The Langmuir adsorption isotherm theory assumes that a monolayer of the adsorbate
covers a uniform surface of the adsorbent. This is represented graphically by a plateau in
the isotherm. The model states that at equilibrium, the adsorption reaches a saturation point
where no further absorption can occur. Equation (2) was used to analyze the experimental
data on adsorption processes within the context of the Langmuir model.

Q = Q∞
KLCeq(

1 + KLCeq
) (2)

where Q is the amount of absorbed cations, mg/g; Q∞ is the maximum adsorption value of
an element, mmol/g; KL is the Langmuir constant, L/mmol; Ceq is the concentration of an
element in an equilibrium solution, mmol/L.

The obtained sorption isotherms are shown in Figure 4.
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Figure 4. Adsorption isotherms of Pb2+ ions on the initial and surfactant-modified bentonite forms:
(a) organoclays modified with amphoteric surfactants; (b) organoclays modified with nonionic
surfactants.

The Langmuir adsorption isotherms for Pb2+ ions on bentonite and its modified forms
with the participation of amphoteric and nonionic surfactants followed the L-type according
to the Giles classification [37]. The shape of the isotherm at low concentrations indicates
that the binding strength to the sorbent is relatively strong. At the beginning of the process,
there is an excess of available functional groups for binding and a high concentration of
metal in the solution. As equilibrium is approached, functional groups become occupied by
metal ions, and filling the adsorption surface becomes more difficult due to repulsive forces
between the bound metal ions and those still present in solution [38]. The parameters of
the Langmuir isotherm can be found in Table 3.

Table 3. Sorption process parameters based on the Langmuir equation.

Sorbent R Q∞, mmol/g KL, L/mmol

Bentonite 0.99 0.95 ± 0.03 2.03 ± 0.04

With the use of amphoteric nonionic surfactants

Organoclay with sodium cocoiminodipropionate 0.99 1.26 ± 0.07 5.67 ± 0.01
Organoclay with disodium cocoamphodiacetate 0.99 1.31 ± 0.04 5.41 ± 0.09

With the use of nonionic surfactants

Organoclay with lauramine oxide 0.97 1.12 ± 0.04 4.67 ± 0.02
Organoclay with cocamide diethanolamine 0.98 0.92 ± 0.04 5.81 ± 0.06

Organoclay with alkyl polyglucoside 0.98 1.49 ± 0.05 3.61 ± 0.05

It was found that high correlation coefficients (above 0.97) indicated the applicability
of the Langmuir model for describing the adsorption of lead ions on the surface of the initial
bentonite and organoclays. Based on the value of maximum adsorption (A∞), the sorbents
studied with the use of amphoteric surfactants can be arranged in the following order:
bentonite, organoclay containing sodium cocoamphodiacetate, and organoclay containing
disodium cocoamphodiacetate. The parameter KL, which describes the strength of the bond
between metal ions and functional centers on the sorptive surface, increased in the series:
bentonite < organoclay with disodium cocoamphodiacetate < organoclay with sodium
cocoiminodipropionate.

In the case of modification with nonionic surfactants, the sorbents analyzed can
be arranged in order of increasing A∞ value as follows: organoclay with cocamide di-
ethanolamine < bentonite < organoclay with lauramine oxide < organoclay with alkyl
polyglucoside. Although the maximum calculated adsorption capacity of the organomin-
eral complex involving diethanolamine cocamide may have been lower than that of ben-
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tonite, it was still absorbed quite effectively by this organoclay at relatively low concen-
trations of metal (Figure 4b). Based on the KL value, the order is: bentonite < organoclay
with alkyl polyglycoside < organoclay with lauramine oxide < organoclay with cocamide
diethanolamine.

In terms of maximum adsorption, organoclays synthesized using both amphoteric
and nonionic surfactants formed a series in ascending order: organoclay with cocamide
diethanolamine (nonionic surfactant) < bentonite < organoclay with lauramine oxide
(nonionic surfactant) < organoclay with sodium cocoiminodipropionate (amphoteric sur-
factant) < organoclay with disodium cocoamphodiacetate (amphoteric surfactant) < organ-
oclay with alkyl polyglucosides (nonionic surfactant).

The Langmuir constant varied in the following order for both types of surfactants:
bentonite < organoclay with alkyl polyglucoside (nonionic surfactant) < organoclay with
lauramine oxide (nonionic surfactant) < organoclay with disodium cocoamphodiacetate
(amphoteric surfactant) < organoclay with sodium cocoiminodipropionate (amphoteric
surfactant) < organoclay with diethanolamine cocamide (nonionic surfactant). Therefore,
based on the KL value, both amphoteric and nonionic surfactants improved the bond
strength between bluestone and the organometallic complex when compared to the origi-
nal bentonite.

The data obtained on the adsorption of Pb2+ ions by the initial form of bentonite and
the synthesized organoclays from aqueous solutions can be compared with the literature
data for existing analogs (Table 4):

Table 4. Comparison of the adsorption capacity of the synthesized organoclays for Pb2+ ions with
the best sorption capacities of different adsorbents.

Sorbent Q∞, mg/g

Bentonite (this work) 194.5

Bentonite (Saudi Arabia) 51.19 [39]

Magnetically modified zeolite 123 [40]

Green AC/HKUST-1 Nanocomposite 249.4 [41]

Organoclay with disodium cocoamphodiacetate 271.2

Organoclay with alkyl polyglucoside 380.8

Comparison of the obtained data with analogous materials (within the studied range
of concentrations and pH) led to the conclusion that the synthesized organoclay materials
could be used as efficient sorbents for Pb2+ ions.

3.4.2. The Freundlich Isotherm

The Freundlich model is used to describe adsorption behavior in heterogeneous sys-
tems. The surface of natural sorbents is believed to be non-uniform, with several different
sorption sites characterized by different energy levels [42]. The main limitation of the
Freundlich model lies in the fact that the adsorption capacity is not fully saturated, leading
to a continuous increase in adsorption. Consequently, the parameters of the Freundlich
equation can only provide information about the degree of surface non-uniformity, and
indirectly, the number of adsorption sites [43].

The two-parameter Freundlich sorption model is described by the exponential
Equation (3):

Q = KFC1/n
eq (3)

where Q is the amount of absorbed cations, mmol/g; KF is the Freundlich constant, l/mmol;
Ceq is the concentration of an element in an equilibrium solution, mmol/L; 1/n is the
empirical exponent.
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This expression is characterized by a heterogeneity factor of 1/n, which allows the
Freundlich isotherm to be used to describe heterogeneous systems. Theoretically, an infinite
amount of adsorption can occur using this expression [34].

The Freundlich isotherms and parameters for this model are presented in Figure 5 and
Table 5.

Figure 5. Adsorption isotherms of Pb2+ ions on the initial and surfactant-modified forms of bentonite:
(a) organoclays modified with amphoteric surfactants; (b) organoclays modified with nonionic
surfactants.

Table 5. Sorption process parameters based on the Freundlich equation.

Sorbent R KF, L/mmol 1/n

Bentonite 0.99 0.514 ± 0.004 0.295 ± 0.003

With the use of amphoteric nonionic surfactants

Organoclay with sodium cocoiminodipropionate 0.97 0.803 ± 0.006 0.394 ± 0.003
Organoclay with disodium cocoamphodiacetate 0.97 0.859 ± 0.008 0.413 ± 0.005

With the use of nonionic surfactants

Organoclay with lauramine oxide 0.98 0.765 ± 0.003 0.329 ± 0.002
Organoclay with cocamide diethanolamine 0.98 0.625 ± 0.008 0.331 ± 0.004

Organoclay with alkyl polyglucoside 0.98 0.989 ± 0.004 0.345 ± 0.003

Based on the correlation coefficients, the Freundlich model is less suitable for de-
scribing lead ion adsorption processes on organoclay surfaces than the Langmuir model.
The coefficient KF, which measures absorption capacity, increased in the following order
when the organoclays were modified with amphoteric surfactants: bentonite < organoclay
with sodium cocoiminodipropionate < organoclay with disodium cocoamphodiacetate.
In the case of nonionic surfactant modification, the sorbents analyzed can be arranged
in order of increasing KF value as follows: bentonite < organoclay with cocamide di-
ethanolamine < organoclay with lauramine oxide < organoclay with alkyl polyglucoside.
The dimensionless parameter 1/n can be used to identify the energy heterogeneity of
reaction centers on sorption surfaces, and its value can vary between 0 and 1. When 1/n is
close to 0, there is high heterogeneity among the sorption sites, while when it is closer to 1,
the sites become more homogeneous. The specified parameter for all analyzed sorbents
varied within the range from 0.295 ± 0.003 to 0.413 ± 0.005, indicating an increase in the
heterogeneity of the sorption layer.

The high correlation coefficients and 1/n values indicate that the Pb2+ ions were more
effectively adsorbed onto the organoclays compared to the original bentonite form. This
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was likely due to a redistribution of electron density within the adsorbent atoms, leading
to the formation of active adsorption sites on the surface.

3.4.3. The BET Isotherm

Both the Langmuir and Freundlich models have drawbacks: the data on sorption
equilibrium at different concentrations cannot be accurately described by a single set of
parameters. The Langmuir model allows us to calculate the limiting adsorption capacity,
which is useful in systems where all adsorption sites have the same energy level and
ability to bind heavy metals. However, the Freundlich model is better suited for describing
processes occurring on heterogeneous surfaces with multilayer adsorption. It cannot
calculate the maximum adsorption capacity, but it can provide information about the
heterogeneity of the surface. The BET model addresses the limitations of both models by
considering energy heterogeneity on porous surfaces. Adsorbed molecules often interact
with each other, leading to a violation of stoichiometry and limiting adsorption to the
formation of multiple layers. The molecules of the first layer adhere to the surface of the
adsorbent due to the intermolecular interaction between the adsorbent and adsorbate.
Each adsorbed molecule in the first adsorption layer can act as a center for adsorption of
molecules in the second layer, and so on. This process leads to the formation of subsequent
sorption layers, for which physical sorption is possible. Therefore, the value of A∞ becomes
more accurate compared to the Langmuir model.

To describe polymolecular adsorption, the Brunauer–Emmett–Teller (BET) theory was
used. The isotherm equation can be expressed as follows:

Q =
Q∞·c·(C/C0)

(1 − C/C0)·[1 + (c − 1)(C/C0)]
(4)

where Q is the adsorption value, mmol/g; Q∞ is the maximum adsorption capacity of
monolayer, mmol/g; C is a constant for a given adsorption system, directly related to the
heat and entropy of adsorption; C, C0 is the equilibrium and initial concentration of lead
(Pb2+) ions, mmol/L.

The BET adsorption equation in linear form is shown in Equation (5):

C/C0

Q(1 − C/C0)
=

1
Q∞·c +

c − 1
Q∞·c ·C/C0 (5)

The results of the experiment on the adsorption of lead ions onto clay particles were
analyzed using the BET equation, which was applied in a linear form (Figure 6).

                                 (a)   (b) 

Figure 6. Adsorption isotherms of Pb2+ ions on the original and surfactant-modified forms of
bentonite: (a) organoclays modified with amphoteric surfactants; (b) organoclays modified with
nonionic surfactants.
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From the linear dependencies shown in Figure 6, the values of the maximum adsorp-
tion (maximum adsorption capacity of the monolayer) (A∞) and the constant (c) were
determined. This was conducted by using the tangent of the angle of inclination of the
straight lines obtained, and the size of the segments cut off on the y-axis (Table 6).

Table 6. Sorption parameters of the process according to the BET equation.

Sorbent R Q∞, mmol/g c·10−3

Bentonite 0.96 0.214 ± 0.002 0.37 ± 0.01

With the use of amphoteric surfactants

Organoclay with sodium cocoiminodipropionate 0.96 0.422 ± 0.004 0.018 ± 0.002
Organoclay with disodium cocoamphodiacetate 0.93 0.491 ± 0.003 0.091 ± 0.002

With the use of nonionic surfactants

Organoclay with lauramine oxide 0.97 0.328 ± 0.002 −0.146 ± 0.004
Organoclay with cocamide diethanolamine 0.97 0.241 ± 0.002 −0.071 ± 0.001

Organoclay with alkyl polyglucoside 0.98 0.523 ± 0.003 0.264 ± 0.006

It has been established that the correlation coefficients for describing the sorption
process using the BET equation are lower than those obtained using the Freundlich and
Langmuir models. This is due to the fact that the BET model is only applicable in the region
of high concentrations, and therefore is not suitable for describing sorption processes at
low concentrations. Based on the value of the maximum adsorption (A∞), the order of
the studied sorbent materials can be arranged as follows: bentonite < organoclay with
cocamide diethanolamine < organoclay with lauramine oxide < organoclay with sodium
cocoiminodipropionate < organoclay with disodium cocoamphodiacetate < organoclay
with alkyl polyglucoside. The constant of the BET equation—c, which characterizes the
ratio of the energy of intermolecular interactions between the sorbent (initial and mod-
ified clays) and Pb2+ ions, increased in the following order: organoclay with lauramine
oxide < organoclay with cocamide diethanolamine < organoclay with sodium cocoimin-
odipropionate < organoclay with disodium cocoamphodiacetate < organoclay with alkyl
polyglucoside < bentonite. Additionally, for organoclays derived from lauramine oxide
and cocamide diethanolamine, the values of c were less than 1, at −0.146 ± 0.004 and
−0.071 ± 0.001, respectively. When c is less than 1, even before the formation of a monolayer
of adsorbed molecules is complete, the formation of a polymolecular layer begins.

Since the sorption process is best described by the Langmuir equation (with the highest
coefficients of determination), the adsorption equilibrium constants obtained were used to
calculate the standard Gibbs free energy (Formula (6), Table 7).

ΔG = −RTlnK (6)

where ΔG is the Gibbs energy, kJ/mol; R is the universal gas constant, J/(mol K); T is the
temperature, 298 K, kJ/mol, K is the Langmuir constant.

Table 7. Gibbs energy (Langmuir model).

Sorbent ΔG0, kJ/mol

Bentonite −1.7
Organoclay with sodium
cocoiminodipropionate −4.2

Organoclay with disodium
cocoamphodiacetate −4.1

Organoclay with lauramine oxide −3.8
Organoclay with cocamide diethanolamine −4.3

Organoclay with alkyl polyglucoside −3.1
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The results obtained indicate that the adsorption of Pb2+ ions on both the original
bentonite form and on the synthesized organoclays occurred spontaneously in the for-
ward direction.

In our case, we observed the highest correlation coefficients when using the Langmuir
model to describe the adsorption processes. This model assumes monomolecular adsorp-
tion, heterogeneity of the adsorbent surface, and predominant interaction due to chemical
forces. A number of studies have also shown that the adsorption of Cu(II) onto organoclays
with zwitterionic surfactants is better described by the Langmuir model compared to the
Freundlich model for adsorption isotherms [44]. At the same time, [45] suggested that the
adsorption of Pb2+ onto montmorillonite modified with different chain length betaines
could be well-described by the Freundlich adsorption isotherm. The Langmuir and Fre-
undlich R2 calculated from Cu2+, Pb2+, Ni2+, Cd2+, Fe2+, and Zn2+ isotherms at the metal
adsorption on natural zeolite (clinoptilolite) modified by nonionic surfactant Triton X-100
showed that for Pb, Cd, and Fe, the adsorption data were fitted equally well by both the
Langmuir equation and the Freundlich equation. Adsorption data for Cu, Ni, and Zn were
fitted better by the Freundlich adsorption isotherm [46].

3.5. Determination of the Zeta Potential of Bentonite and Organoclays

The electrokinetic or zeta potential (ζ potential) is the voltage on the slip plane, which
is the difference in charge between the bulk fluid and the fluid layer containing ions
that are attached to the surface of a particle. For molecules and nanoparticles, a higher
ζ potential means greater stability, as the solution or suspension will be less likely to
aggregate. Conversely, when the ζ potential is lower, the attraction between particles
exceeds the repulsive force, disrupting the stability of the suspension. Therefore, colloids
with high ζ potentials are electrically stable, while those with low ζ potentials tend to
coagulate or form flocs [47]. For stability, it does not matter whether the variance has a
positive or negative sign; however, the sign of the variance can have a huge impact on the
application of the variance.

It is now recognized that a zeta potential of at least 30 mV (optimum > 60 mV) is
required for complete electrostatic stabilization, while potentials between 5 and 15 mV
are in the region of limited flocculation, and those between 5 and 3 mV correspond to
maximum flocculation [48]. It is important to note that the magnitude of the charge on the
surface of the nanoparticles depends on the pH of the solution.

Table 8 presents the change in the zeta potential of the original bentonite and its
modified versions, which were obtained using amphoteric and nonionic surfactants.

Table 8. The zeta potential of the original bentonite and the synthesized organoclays.

Sorbent ζ, mV

Bentonite −37 ± 1

With the use of amphoteric surfactants
Organoclay with sodium cocoiminodipropionate −68 ± 2
Organoclay with disodium cocoamphodiacetate −73 ± 1

With the use of nonionic surfactants
Organoclay with lauramine oxide −49 ± 2

Organoclay with cocamide diethanolamine −64 ± 2
Organoclay with alkyl polyglucoside −70 ± 3

The measured zeta potential of the initial bentonite sample was −37 ± 1 mV, indicating
resistance to aggregation of its negatively charged particles. When the bentonite was
modified with amphoteric and nonionic surfactants, the negative values of the zeta potential
increased, ranging from −49 ± 2 to −73 ± 1 mV. This indicates an increase in the stability
of the bentonite suspension and a greater possibility of electrostatic interaction between
the negatively charged bentonite particles and positively charged lead ions.
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3.6. Possible Mechanisms of Lead Cation Sorption on Synthesized Organoclays

Modern concepts of the structure of the interface between solid mineral particles and
the solution as well as the mechanisms of interaction between the solid and liquid phases
are based on two main methodological approaches [49,50]. The first of these uses the
principles and concepts of colloid chemistry, which underlie the theory of the electrical
double layer [51]. The second approach is based on the theoretical principles of coordination
compound chemistry. When using this approach, the reactions of interaction between solid
soil particles and solution components are considered as processes of the formation of
surface complexes [52].

According to the first approach, the more efficient absorption of lead cations by the
colloidal particles of organoclays compared to the colloidal particles of the original clay
mineral can be explained by the increase in the negative charge of the colloidal particles.
The zeta potential, which is not equal to the adsorption potential or surface potential in
the double electric layer, is often used to assess the properties of this layer. An increase in
the zeta potential indicates an increase in colloid charge, which is associated with specific
adsorption. In this type of adsorption, ions are adsorbed on the surface of the solid phase
without releasing an equivalent number of ions into the solution, leading to the acquisition
of an electric charge by the solid phase. This leads to the fact that, near the surface, due
to the action of electrostatic forces of attraction, an equal number of ions with opposite
charges are grouped, forming a double electric layer.

According to the Paneth–Fajans–Hahn adsorption rule, ions that are capable of com-
pleting their crystal lattice or forming a poorly soluble compound with one of the ions
present in the crystal are specifically adsorbed onto the surface of a crystalline solid from
an electrolyte solution. Lead is unlikely to be incorporated into the crystal structure of
modified bentonite, but the formation of precipitates of lead hydroxides or salts is possible
(see below). The observed acidification of the equilibrium solution during lead adsorp-
tion, compared to the organoclay solution, may indicate a predominant exchange nature of
metal adsorption by organoclays. In general, the addition of salts containing higher-valence
cations (less hydrated) can displace hydrogen and other metal ions from the surface of the
micelles [53].

In bentonite, the permanent negative charge is quite high, accounting for 90–95% of the
total charge. This high negative charge density is due to a significant degree of isomorphic
substitution, where Fe2+ or Mg2+ replace the Al3+ element in the octahedral layer, and some
Al3+ ions replace Si4+ ions in the tetrahedral layer. These permanent charges are mainly
located on the basal surface and account for most of the surface charge density of bentonite.
Positive charges are mainly located at the edges of the clay structures and only account
for 5–10% of the total charge [54]. According to the second approach, positively charged
fragments of amphoteric surfactants interact with negatively charged groups on the surface
of bentonite, while their own anionic fragments remain unoccupied and can interact with
lead cations. In this scenario, each molecule of the amphoteric surfactant contains two
carboxyl groups.

During the synthesis of organoclays, surfactant molecules are added and adsorbed on
the clay surface as well as penetrate (at least partially) into the interlayer space. The authors
in [54] investigated the effect of the length of the carbon chain in the amphoteric surfactant,
betaine, on the interlayer spacing of clays. They found that the increase in basal spacing
was most significant when betaine molecules were first introduced into the galleries, but
then changed only slightly as the carbon chain length increased. Therefore, an increase
in betaine molecule size forced them to reorganize within the existing space rather than
expanding the galleries further. The adsorption of amphoteric surfactants into interlayer
spaces occurs in a monolayer, and it should be noted that we refer to small carbon chains
within the molecule in this case.

The authors in [55], based on the results of infrared (IR) and X-ray photoelectron
spectroscopy (XPS) studies and sorption experiments, proposed several mechanisms of
interaction between Cd2+ and bentonite or organoclay including electrostatic interactions,
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ion exchange, surface complexation, and chelation. Chelation is also responsible for the
adsorption of Cd2+ onto organoclays that contain amphoteric surfactants.

Theoretically, electrostatic interactions between molecules of nonionic surfactants and
clay minerals should be absent. However, the synthesis of organoclays using nonionic
surfactants is a widely used process [20,56,57]. Compared to ionic surfactants, clays
modified with nonionic compounds have a hydrophobic surface without changing the
degree of surface charge [56]. Organoclays synthesized with nonionic surfactants are a
type of organomineral complex whose formation is not based on ion exchange. Instead, the
authors suggest that the nonionic surfactant molecules interact with the silicate through
their functional groups and with water molecules associated with exchange cations in clay
minerals through ion-dipole and hydrogen bonds [58]. It was also noted that nonionic
surfactants adsorb onto clay surfaces due to the combination of polar attractions, Van der
Waals forces, and weak C-H. . .O (clay) bonds [59]. This can lead to the displacement of
water molecules and the formation of organic layers within the interlayer space. X-ray
diffraction analysis of systems containing nonionic surfactants and bentonite has shown
that these surfactants can cause a slight increase in the spacing between the layers of
smectite [58].

In our opinion, the main mechanism of interaction between organoclays based on
nonionic surfactants and lead cations involves the formation of complex compounds
including chelate complexes between the structures of surfactant molecules adsorbed on
the clay and the cations. Hypothetical modeling of Pb2+ adsorption onto synthesized
organoclays can be represented as follows (Figure 7).

Figure 7. Schematic illustration of the possible mechanism for the adsorption of Pb2+ onto organ-
oclays modified with amphoteric and nonionic surfactants: 1—ion exchange; 2—complexation;
3—precipitation; 4—long-range forces (physical adsorption).

During the sorption experiment, a decrease in the pH of the equilibrium solutions was
observed as a result of the interaction between the initial working solutions of lead nitrate
and the mineral or organic clays based on both amphoteric and nonionic surfactants. The
pH of the solutions decreased from 8.51 ± 0.05 to 5.11 ± 0.08, depending on the type of
surfactant used for modification. This was compared to the pH values of the salt extracts,
which are shown in Table 2. It is known that at pH > 6, it is possible for lead cations
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to form the Pb(OH)+ complex or the Pb(OH)2 precipitate, as shown in Figure 7(2) and
Figure 7(3), respectively [60,61]. The XRD patterns also indicated the formation of lead
carbonate hydroxide (hydrocerussite) as a result of Pb adsorption on Na-bentonite under
similar experimental conditions [62].

4. Conclusions

The structural sorption properties of organoclays based on bentonite and various
amphoteric (sodium cocoiminodipropionate, disodium cocoamphodiacetate) and nonionic
(lauramine oxide, cocamide diethanolamine, alkyl polyglucoside) surfactants with respect
to lead ions were synthesized and investigated. According to the Fourier transform in-
frared spectroscopy (FTIR) data, it was found that when bentonite is modified with these
amphoteric and nonionic surfactants, there is no replacement of the existing absorption
bands in the original bentonite structure.

A decrease in absorption in the long-wave region of hydroxyl groups was observed
due to the distribution of surfactant molecules in the interlayer space of bentonite and the
displacement of water located there.

The sorption properties of bentonite and the synthesized organoclays were investi-
gated using various sorption models such as the Langmuir, Freundlich, and BET. It was
found that the maximum adsorption capacity for lead cations in organoclays with different
surfactants was observed, with the highest value being 1.49 ± 0.05 mmol/g according to the
Langmuir model, and 0.523 ± 0.003 mmol/g according to the BET. The Langmuir constants,
which characterize the strength of the binding between lead ions and the organoclays,
varied in the following order: bentonite < organoclay with alkyl polyglucoside < organ-
oclay with lauramine oxide < organoclay with disodium cocoamphodiacetate < organoclay
with sodium cocoiminodipropionate < organoclay with cocamide diethanolamine. For
the analyzed sorbents, the value of the 1/n parameter (the Freundlich equation) varied
between 0.295 ± 0.003 and 0.413 ± 0.005, which indicates an increase in the heterogeneity
of the sorption layer.

The negative values of the zeta potential of the synthesized organoclays increased
in modulus compared to the initial bentonite (−49 ± 2 to −73 ± 1 mV) and were related
to the limiting adsorption values, indicating an increase in suspension stability and an
increase in the possibility of electrostatic interaction between organoclays and positively
charged lead ions.

Based on the zeta potential values, structural formulas used for the synthesis of
organoclays and the literature data, we made assumptions about the possible mechanisms
for increasing the maximum adsorption of lead by organoclays based on amphoteric and
nonionic surfactants.
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Abstract: Microbial scale-up cultivation is the first step to bioremediating cadmium (Cd)-contaminated
soils at the industrial scale. However, the changes in the microbial community as the bioreactor
volume expands and their associations with soil Cd removal remain unclear. Herein, a six-stage
scale-up cultivation process of mixotrophic acidophiles was conducted, scaling from 0.1 L to 10 m3,
to remediate Cd-contaminated soils. The findings showed that bioreactor expansion led to a delay in
sulfur and glucose oxidations, resulting in a reduced decline in solution pH and cell density. There
were minimal differences observed in bacterial alpha-diversity and community structure as the biore-
actor volume increased, except for the 10 m3 scale. However, bioreactor expansion decreased fungal
alpha-diversity, changed the community structure, and simplified fungal community compositions.
At the family level, Acidithiobacillaceae and Debaryomycetaceae dominated the bacterial and fungal
communities throughout the scale-up process, respectively. Correlation analysis indicated that the
indirect effect of mixotrophic acidophiles played a significant role in soil Cd removal. Bacterial
community shifts, driven by changes in bioreactor volume, decreased the pH value through sulfur
oxidation, thereby indirectly enhancing Cd removal efficiency. This study will contribute to the
potential industrial application of mixotrophic acidophiles in bioremediating Cd-contaminated soils.

Keywords: scale-up cultivation; mixotrophic acidophiles; microbial community dynamics; Cd
removal; indirect effect

1. Introduction

Soil cadmium (Cd) contamination has become a global environmental concern re-
sulting from industrialization, urbanization, and unsustainable farming practices [1–3].
Even at low concentration, Cd is highly toxic and carcinogenic [4]. While Cd is resistant to
degradation by organisms, it is easily accumulated in soils and crops, and subsequently
enters the human food chain [5]. This poses a significant threat to environmental ecology
and human health [6]. Therefore, it is imperative to remediate Cd-contaminated soils to
mitigate the risks associated with Cd exposure and ensure food security.

The soil Cd mobilization strategy, compared to the Cd stabilization technique, fo-
cuses on minimizing Cd pollution by transforming Cd speciation into dissolved fractions
and/or directly extracting Cd from soils [7]. Phytoextraction is an economic and eco-
logical approach for removing Cd from soils [8]. However, the extensive application of
phytoremediation is limited by factors such as a long soil restoration time, slow plant
growth, and variable soil and weather conditions. Microbial extraction (bioleaching) is
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a promising approach for the efficient extraction of heavy metals from solid materials. It
involves the direct biocorrosion of microbial metabolism or the indirect solubilization of
microbial metabolites [9]. Bioleaching technology has been extensively studied due to its
cost-effectiveness, eco-friendliness, and effective resource recovery. It has been successfully
applied for in situ processing of copper sulfide ores at an industrial scale and for recovering
valuable metals from various secondary sources at a pilot scale [10,11]. The employment of
microbial extraction technology in large-scale remediation efforts for Cd-contaminated soils
worldwide holds significant promise for enhancing the sustainability and efficiency of the
soil treatment process. However, the application of bioleaching for Cd bio-extraction from
heavy metal-contaminated soils is limited to laboratory-level studies, mainly due to factors
such as low microbial functional diversity and slow dissolution kinetics [12]. Consequently,
the selection of appropriate microbial functional flora and the provision of supporting
hardware facility and cultivation condition are crucial for ensuring the feasibility and
functionality of the scale-up cultivation of microbes.

The microbial composition is the most important factor influencing the extraction
rate of heavy metals in bioleaching systems. Autotrophic bacteria and heterotrophic fungi
have demonstrated their capacity to dissolve Cd complexes in soils through processes
such as displacement of Cd ion by hydrion or the formation of chelate through the mi-
crobial production of inorganic/organic acids, leaching agents, biosurfactants, and other
metabolites [13,14]. Cd extraction from soil matrices using pure species or monotrophic
cultures typically involves the solubilization of Cd fractions in specific areas [15]. However,
the bioleaching efficiency, when using mixed cultures, is higher for the same Cd fraction
compared to that of a single population. Recently, mixotrophic acidophiles consisting of
autotrophic and heterotrophic communities with supernally diverse phylogenetic and func-
tional characteristics have been found to exhibit high Cd removal capability from soils [16].
In cooperative bioleaching systems involving the symbiotic co-culture of bacterial and
fungal consortia, mixotrophic acidophiles exhibit significant potential in enhancing the
extraction efficiency of soil Cd [17].

The successful industrial application of bioleaching relies on the scale-up cultivation
of microorganisms. Bioreactor cultivation offers numerous advantages over traditional
culture tanks, including better control of physicochemical properties in the solution and
the provision of suitable growth conditions [18,19]. The microbial community structure
in the scale-up cultivation of mixotrophic acidophiles is closely linked to key biochemical
functions involved in the activation and extraction of Cd from soils [20]. As the bioreactor
volume increases, microbial growth necessitates adaptation to larger spaces and envi-
ronmental fluctuations, which can affect their resistance to environmental stress. Larger
bioreactors require more time to achieve uniform distribution of nutrients and energy
substrates, influencing microbial growth rates and distribution and thereby impacting the
microbial community structure. Concurrently, with increased volume, dissolved oxygen
concentrations may decline, impacting the growth of aerobic and oxygen-demanding mi-
croorganisms. The expansion of the bioreactor also affects the production of microbial
metabolites, as larger spaces enable microorganisms to produce more products at different
stages of metabolism, thereby influencing the microbial community’s functionality [21].
Presently, research on the effects of bioreactor expansion on changes in microbial com-
munity structure has primarily focused on the liquid fermentation process [22]. Limited
work has been conducted to examine microbial community successions in the context of
increasing bioreactor volume, especially regarding the complex mixotrophic community
at different scale-up cultivation stages. The investigation of the broad applicability of
the functional microbial population across diverse geographical locations and climatic
environments is important for the implementation of microbial expansion technology in
the soil remediation field.

To address this gap, the present study aims to investigate the following questions:
(i) to measure the effects of bioreactor expansion on the microbial community successions
of mixotrophic acidophiles; and (ii) to evaluate the effects of changes in solution properties
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and microbial structure on the soil Cd removal efficiency. Furthermore, the contribution of
bioreactor parameters to soil Cd extraction, considering the direct and indirect actions of
microbes and solution properties, also requires further analysis, which will aid in adjusting
bioreactor parameters to maintain a stable microbial community structure and ensure
efficient Cd bioleaching.

2. Materials and Methods

2.1. Initial Inoculum for the Scale-Up Cultivation of Mixotrophic Acidophiles

Leachate and Cd-contaminated soils were utilized to enrich the initial inoculum for
the scale-up cultivation of mixotrophic acidophiles. The leachate sample was collected from
a bioleaching heap of sulfide minerals in Dexing City, Jiangxi Province, China (29◦04′ N,
117◦71′ E). The Cd-contaminated soil was obtained from a polluted rice-growing region in
Xiangtan County, Hunan Province, China (27◦77′ N, 112◦88′ E). The leachate (10 mL) and
fresh soil (10 g) samples were combined and added to a 250 mL conical flask containing
100 mL of basal medium. The basal medium composition included 3 g/L (NH4)2SO4,
0.1 g/L KCl, 0.5 g/L K2HPO4, 0.5 g/L MgSO4·7H2O, 0.01 g/L Ca(NO3)2, 1 g/L elemental
sulfur, 0.7 g/L glucose, and 0.3 g/L yeast extract. The solution’s pH value was adjusted
to 3.5 using sulfuric acid, and then incubated in an oscillating incubator at 32 ◦C and
175 rpm. When the solution’s pH dropped below 2.5, the supernatant microbial fluid was
transferred to a new basal medium (10%, vol/vol) and cultured under the same conditions.
This process of uniform subculturing was repeated 10 times, and the microbial solution
from the tenth culture was used as the initial inoculum for the scale-up cultivation of
mixotrophic acidophiles.

2.2. Scale-Up Cultivation Process of Mixotrophic Acidophiles

A six-stage scale-up cultivation system, including the lab-scale (0.1 L and 2 L), pilot-
scale (10 L and 100 L), and commercial-scale (1 m3 and 10 m3) cultivation stages, was
designed for the scale-up cultivation of mixotrophic acidophiles. These cultivation pro-
cesses were conducted in vessels of varying sizes: a 250 mL glass conical flask; a 2.5 L glass
beaker; and 12 L, 120 L, 1.5 m3 and 12 m3 cylindroid polyethylene reactors. The details of
the bioreactor parameters are shown in Figure 1. The initial inoculum served as the seed
liquid of the 0.1 L cultivation system. The scale-up process of mixotrophic acidophiles
was continuous, where the microbial solution from a smaller cultivation stage acted as the
seed liquid for the next stage once the solution pH dropped below 2.5 or the cell density
exceeded 1 × 109 cells/mL. The seed liquid dose was 10% (vol/vol). The cultivation
media used in each stage were identical to the basal medium used for the initial inoculum,
maintaining a constant temperature of 32 ◦C and an initial pH of 3.5. Each cultivation stage
lasted approximately four to five days. Finally, the microbial solutions from each of the six
scale-up cultivation stages were collected separately for microbial community analysis and
soil Cd removal experiments.

2.3. Bioremediation of Cd-Contaminated Soils

The Cd-contaminated soils used in this study had been exposed to industrial sewage
for approximately ten years. The soil type was clay. Top soil samples (0~20 cm) were
collected using a T-sampler. Fresh soils were utilized to enrich the initial inoculum, as
described in Section 2.1. The remaining soil samples were air-dried and passed through
a 2 mm plastic sieve for the soil bioremediation experiment and the measurement of soil
chemical properties (Table 1). The soil bioremediation experiment was conducted in 250 mL
conical flasks. A soil sample (10 g) and microbial solution (100 mL) from the six scale-up
cultivation stages were added to the conical flasks. To account for the potential impact
of pH on soil Cd removal efficiency, a control treatment (CK) using the basal medium
with a pH of 2.5 was established. The flasks were incubated in an oscillating incubator
at a consistent temperature of 32 ◦C and a rotational speed of 175 rpm for 7 days. Each
treatment was replicated three times. At the end of the bioremediation experiment, soil
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residue samples were obtained by centrifuging at 3000× g for 10 min. The supernatants
were discarded, and the solid residues were air-dried. Total Cd and DTPA-Cd contents in
the soil residues were measured to calculate the Cd removal efficiencies.

Figure 1. Bioreactor parameters used for the scale-up cultivation process of mixotrophic acidophiles.
(a–f) Scale-up cultivation stages of 0.1 L, 2 L, 10 L, 100 L, 1 m3, and 10 m3, respectively. WV, work
volume (L); TV, total volume (L); H, bioreactor height (m); D, bioreactor diameter (m); L, paddle
length (m); AR, agitator agitation rate (rpm).

Table 1. Chemical properties of Cd-contaminated soils used in this study (n = 3).

Item Mean Value ± SD

pH 6.23 ± 0.06
Organic matter (g/kg) 17.3 ± 0.5

Total N (g/kg) 1.74 ± 0.12
Total P (g/kg) 0.736 ± 0.056
Total K (g/kg) 12.7 ± 0.3
Cu (mg/kg) 21.2 ± 0.1
Cd (mg/kg) 13.2 ± 0.2

DTPA-Cd (mg/kg) 7.41 ± 0.83
Pb (mg/kg) 27.8 ± 2.2
Cr (mg/kg) 125 ± 22
Mn (mg/kg) 304 ± 11

2.4. Chemical Analysis

The pH values of microbial solutions in each scale-up cultivation system were moni-
tored daily using a pH meter (BPH-220, Bell Instrument, Dalian, China). The sulfate radical
concentration and glucose concentration in the microbial solution were analyzed at the
beginning and end of each scale-up cultivation performance. The sulfate radical concen-
tration was measured using the barium sulfate precipitation method [23]. The glucose
concentration was determined using the Agilent 1200 HPLC (Agilent Technologies Co. Ltd.,
USA). The increased sulfate radical concentration (ISC) was calculated as the difference
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between the sulfate radical concentrations after and before the cultivation performance,
while the decreased glucose concentration (DGC) was calculated as the difference between
the glucose concentrations before and after the cultivation performance. The cell density
(CD) of the microbial solution was assessed at the end of each scale-up cultivation perfor-
mance using a hemocytometer with an optical microscope (BX41, Olympus Instruments,
Tokyo, Japan).

The total Cd content in the soil was determined using the acid digestion method,
which involved the use of a mixture of HNO3, HF, and HClO4 (10:5:1, vol/vol). The
Cd ion concentration was then measured using an inductively coupled plasma–optical
emission spectrometer (ICP–OES, Optima 5300DV, PerkinElmer, Shelton, CT, USA). The di-
ethylenetriamine pentaacetic acid-soluble Cd (DTPA-Cd) content in the soils was evaluated
using a soil-to-liquid mass ratio of 1:5 with a diethylenetriamine pentaacetic acid (DTPA)
solution mixture. The mixture contained DTPA (0.005 M), triethanolamine (0.1 M), and
CaCl2 (0.01 M) [24]. The soil removal efficiencies of total Cd and DTPA-Cd were calculated
using the formula: removal efficiency (%) = (M1 − M2)/M1 × 100. Here, M1 represents
the Cd quantity in the soils before the bioremediation treatment, and M2 represents the Cd
quantity in the soils after the bioremediation treatment.

2.5. Microbial Community Analysis

The microbes from microbial solutions (50 mL) in each scale-up cultivation stage were
centrifuged at 12,000× g for 15 min. Total genomic DNA was extracted using the E.Z.N.A.
Water DNA kit (Omega BioTek Inc., Norcross, GA, USA). The quality and quantity of the
extracted DNA were assessed using a NanoDrop 2000 Spectrophotometer (Bio-Rad Labora-
tories Inc., Hercules, CA, USA). For bacterial analysis, the V4~V5 region of the bacterial
16S rRNA gene was amplified using the 515F (5′−GTGCCAGCMGCCGCGGTAA−3′) and
907R (5′−CCGTCAATTCCTTTGAGTTT−3′) primers [25]. For fungal analysis, the ITS re-
gion of the fungal rRNA gene was amplified using the ITS1F (5′−CTTGGTCATTTAGAGGA
AGTAA−3′) and ITS2R (5′−GCTGCGTTCTTCATCGATGC−3′) primers [26]. The PCR re-
action systems and amplification procedure followed a previously published protocol [27].
The PCR products from three replicates of the same sample were pooled and purified using
the E.Z.N.A.TM Gel Extraction Kit (Omega BioTek Inc., USA). The purified amplicons
from all samples were then sent to E-Gene Biotech Co., Ltd. (Shenzhen, China) for PE300
sequencing on the Illumina HiSeq platform.

The raw sequencing data were merged using fast length adjustment of short reads
(FLASH) [28] and assigned to each sample based on the specific barcodes. Low-quality
reads were filtered and removed using QIIME’s quality filters to eliminate chimeras [29].
The remaining high-quality sequences were binned into operational taxonomic units (OTUs)
at a 97% similarity level using Uparse [30]. The representative sequence for each OTU
was selected as the most frequent sequence. Taxonomic information for bacteria and fungi
was annotated using the Ribosomal Database Project’s classifier [31] against the SILVA 132
database [32], with a confidence threshold of 0.8~1.0. The assigned sequences for bacteria
ranged from 23,731 to 53,194, and for fungi, from 30,372 to 59,959. To normalize the read
counts in the OTU table across all samples, the minimum sequence numbers were selected.

2.6. Statistical Analysis

One-way ANOVA was conducted to analyze the significance of differences between
means, with a significance level of p < 0.05, following the least significant difference test
(LSD). Error bars accompanied by lowercase letters were employed to indicate statistically
significant variations in mean values across distinct groups. Bacterial and fungal alpha-
diversities were evaluated using the abundance-based coverage estimator (ACE) and
Shannon indices. The microbial beta-diversity was assessed using principal coordinate
analysis (PCoA) based on the Bray-Curtis distance metrics. To estimate the contributions
of the bioreactor parameter and solution property to the microbial community, variation
partitioning analysis (VPA) was performed. Pearson correlation and the Spearman test
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were used to determine correlations between microbial community data, the bioreactor
parameter, and the solution property. Partial least square path modeling (PLSPM) was
employed to analyze the effects of bioreactor expansion on the microbial community,
solution property, and soil Cd removal. These statistical analyses were carried out using R
software version 3.5.1, with the packages vegan, amap, shape, and diagram.

3. Results

3.1. Properties of Microbial Solution in Scale-Up Cultivation Process of Mixotrophic Acidophiles

During the scale-up cultivation of mixotrophic acidophiles, the properties of microbial
solutions underwent significant changes, especially in the 10 m3 stage (Figure 2). When the
bioreactor volume increased from 0.1 L to 1 m3, the solution pH decreased by 1.1~1.3 units.
However, in the 10 m3 stage, the solution pH only decreased by 0.6 units within a five-
day period (Figure 2a). The bioreactor expansion from the 2 L stage to the 1 m3 stage
consistently increased the concentration of sulfate radicals (ISC) (Figure 2b). However, in
the 10 m3 stage, the ISC was significantly lower (p < 0.05) compared to the 10 L stage, with
a decrease of 65.9% in five days. While no significant (p > 0.05) variations in decreased
glucose concentration (DGC) were observed for the small system (from 0.1 L stage to 10 L
stage) or the large system (from 100 L stage to 10 m3 stage), the large system exhibited a
significant (p < 0.05) decrease in DGC compared to the small system (Figure 2c). The effect
of bioreactor expansion on cell density (CD) was consistent between the 0.1 L stage and
the 10 L stage (p > 0.05) (Figure 2d), but a significant (p < 0.05) downward trend in CD was
observed with an increase in bioreactor volume.

  

  

Figure 2. Properties of microbial solutions during the scale-up cultivation process of mixotrophic
acidophiles. (a) Solution pH. (b) Increased sulfate radical concentration. (c) Decreased glucose
concentration. (d) Cell density. Different small letters indicate significant (p < 0.05) differences
according to the LSD test.

3.2. Microbial Community Diversities and Compositions in Scale-Up Cultivation Process of
Mixotrophic Acidophiles

The ACE indices did not show significant differences (p < 0.05) in the scale-up cultiva-
tion process for the bacterial community (Figure 3a). However, the Shannon indices in the
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1 m3 stage and 10 m3 stage were significantly (p < 0.05) lower and higher, respectively, than
those of the other cultivation stages (Figure 3b). The richness and diversity of microbial
OTUs in the fungal community were reduced with bioreactor expansion (Figure 3a,b).
The Shannon indices displayed a clear downward trend with the expansion of the culti-
vation system. Principal coordinate analysis (PCoA) showed inverse changes between
the bacterial and fungal communities for the 0.1 L, 2 L, and 10 L stages. The bacterial
community structures were not altered in the 0.1 L, 2 L, 10 L, or 1 m3 stages based on the
PCoA 1 axis (explaining 85.8% of the total variation), but they were different from the
bacterial communities in the 10 m3 stage (Figure 3c). Bioreactor expansion significantly
changed the solution’s fungal community structures for the 0.1 L, 2 L, 10 L, and 10 m3

stages (Figure 3d), but it had no effect on the fungal community structures in the 100 L or
1 m3 stages (PCoA 1 axis, explaining 75.9% of the total variation).

  

  

  

Figure 3. Microbial community diversities and compositions during the scale-up cultivation process
of mixotrophic acidophiles. (a,b) Bacterial and fungal community alpha-diversity, indicated by ACE
and Shannon indices. (c,d) Bacterial and fungal community beta-diversity, indicated by principal
coordinate analysis (PCoA) based on the Bray-Curtis distance metrics. (e,f) Dominant bacteria and
fungi at the family level. Different small letters indicate significant (p < 0.05) differences according to
the LSD test.
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The relative abundances of dominant fungi at the family level were more sensitive
to the expansion of the cultivation system (Figure 3e,f). Within the scale-up cultivation
process, the relative abundance of Acidithiobacillaceae increased from 77.0% (0.1 L stage) to
89.8% (10 m3 stage), while Xanthomonadaceae decreased from 20.7% (0.1 L stage) to 4.4%
(10 m3 stage) (Figure 3e). Additionally, the relative abundances of Alicyclobacillaceae and
Pseudomonadaceae remained stable, ranging from 0.9% to 5.2% in all cultivation systems.
For fungal community composition, family-level fungi including Debaryomycetaceae, Co-
niochaetaceae, and Teratosphaeriaceae were the dominant taxa in the small stages of 0.1 L,
2 L, and 10 L (Figure 3f). However, bioreactor expansion remarkably enriched the family
Debaryomycetaceae, which accounted for more than 93% of the relative abundance in the
large stages of 100 L, 1 m3, and 10 m3.

3.3. Soil Removal Efficiencies of Total Cd and DTPA-Cd Using Mixotrophic Acidophiles in
Different Scale-Up Cultivation Process

The removal efficiencies of total Cd from the 0.1 L group to the 1 m3 group ex-
ceeded 92.8%, and were significantly (p < 0.05) higher than those of the CK group (76.9%)
(Figure 4a). The removal efficiency of total Cd in the 10 m3 group (85.3%) was also signif-
icantly (p < 0.05) higher than that in the CK group, but it was the lowest among all the
biological groups. The removal efficiency of soil DTPA-Cd followed a similar trend to
total Cd extraction, reaching 89.0% (0.1 L group), 90.8% (2 L group), 89.0% (10 L group),
88.3% (100 L group), and 88.9% (1 m3 group), respectively (Figure 4b). These values were
significantly (p < 0.05) higher than those in the CK group (70.2%). The removal efficiency
of DTPA-Cd in the 10 m3 group was 81.3%, which was also significantly (p < 0.05) higher
than that in the CK group.

  

Figure 4. Soil Cd removal efficiencies using microbial solutions of mixotrophic acidophiles during
different scale-up cultivation process. (a) Total Cd. (b) Diethylenetriamine pentaacetic acid-soluble
Cd (DTPA-Cd). Different small letters indicate significant (p < 0.05) differences according to the
LSD test.

3.4. Links between Microbial Solution Properties, Solution Microbes, and Cd Removal Efficiencies

The results of the Spearman test revealed that the solution pH had a significant
(p < 0.01) positive correlation with bioreactor expansion, including the WV, L, H, and D
of the bioreactor (Figure 5a). The solution DGC, CD, and ISC all displayed significant
(p < 0.05) positive associations with the AR of the paddle. Furthermore, ISC showed
a negative correlation with the solution pH (p < 0.001), but a positive correlation with
DGC (p < 0.05). Both ISC and DGC were significantly (p < 0.01) positively correlated
with the solution CD. Variation partitioning analysis (VPA) indicated that the bioreactor
parameter and solution property accounted for 27% and 4% of the variation in the bacterial
community, respectively, while they accounted for 33% and 1% of the variation in the
fungal community (Figure 5a). Specifically, bioreactor expansion (WV, L, H, and D) showed
significant (p < 0.05) correlations with the bacterial community, as revealed by PCoA 1.
Additionally, the bacterial community was significantly (p < 0.05) associated with solution
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pH, CD, and DGC. As for the fungal community, parameters such as the L, H, D, and H/D
of the bioreactor, as well as DGC and CD of the solution, displayed stronger relationships
with variations in fungal composition.

 

 
Figure 5. Correlation analysis between microbial community data, bioreactor parameter, and solution
property. (a) Microbial community structure, bioreactor parameter, and solution property. (b) Domi-
nant microbe, bioreactor parameter, and solution property. (c) Soil Cd removal, solution property, and
dominant microbe. WV, work volume; TV, total volume; H, bioreactor height; D, bioreactor diameter;
L, paddle length; AR, agitator agitation rate; ISC, increased sulfate radical concentration; DGC,
decreased glucose concentration; CD, cell density. Significances of these correlations are indicated by
*** when p < 0.001, ** when p < 0.01, and * when p < 0.05.

The WV, L, H, and D of the bioreactor parameters showed significant (p < 0.01)
correlations with these dominant taxa (Figure 5b). The solution pH showed a significant
(p < 0.05) negative relationship with the relative abundances of Acidithiobacillaceae and
Debaryomycetaceae, but a significant (p < 0.01) positive relationship with Alicyclobacillaceae.
Solution DGC and CD were significantly (p < 0.05) associated with the relative abundance
of most dominant family-level microbes. The bioleaching efficiency of total Cd showed

47



Toxics 2024, 12, 362

significant positive correlations with the solution ISC (p < 0.001) and CD (p = 0.006), but
a significant negative correlation with the solution pH (p < 0.001) (Figure 5c). However,
dominant taxa such as Acidithiobacillaceae, Xanthomonadaceae, and Debaryomycetaceae did
not show significant correlations with the total Cd removal. Only the relative abundance
of Coniochaetaceae showed a significantly (p < 0.05) positive correlation with the total
Cd removal.

The results of partial least square path modeling (PLSPM) showed that the increase in
bioreactor volume had a significant (p < 0.001) impact on the bacterial community structure
with the scale-up cultivation of mixotrophic acidophiles (Figure 6). Additionally, there were
significant (p < 0.01) links between the solution ISC and CD (Figure 6a). The solution ISC
and DGC had significant (p < 0.05) direct correlations with the solution pH, which in turn
significantly (p < 0.01) affected the removal efficiency of the total soil Cd. The differences
in fungal community structure were significantly (p < 0.01) correlated with the solution
DGC and CD (Figure 6b). The solution ISC directly affected the solution pH (p < 0.001) and
indirectly increased the efficiency of total soil Cd extraction (p < 0.001).

 
Figure 6. Effects of bioreactor expansion on microbial community and soil Cd extraction, indicated
by partial least square path models. (a) Bacteria. (b) Fungi. Goodness of fit of the modeling was
0.4072. Red and blue arrows represent the significant positive and negative path coefficients. Gray
dashed indicate the correlations at a non-significant level. ISC, increased sulfate radical concentration;
DGC, decreased glucose concentration; CD, cell density. The significances of these correlations are
indicated by *** when p < 0.001, ** when p < 0.01, and * when p < 0.05.

According to Figures 5c and 6, the solution pH was found to play a more significant
role in total soil Cd removal. However, the highest solution pH value was obtained in the
10 m3 cultivation stage (Figure 2a). To address this issue, modifications were made to the
bioreactor parameter for the 10 m3 volume by lengthening the agitator blade from 1.2 m to
1.8 m and increasing the agitation rate from 80 rpm to 150 rpm. Mixotrophic acidophiles
were then cultured again in the modified bioreactors with a volume of 10 m3. The results
showed that both modifications, i.e., lengthening the agitator blade and increasing the
agitation rate, led to decreases in the solution pH values to 2.4 within five days (Figure 7).
However, the modification involving lengthening the agitator blade resulted in a faster
reduction rate of solution pH compared to the modification involving increasing the
agitation rate.
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Figure 7. Solution pH changes in the cultivation system of 10 m3 after modifying the bioreactor
parameters. Red and black lines represent the modifications of lengthening the agitator blade and
increasing the agitation rate.

4. Discussion

This study systematically examined the effects of bioreactor expansion on the microbial
community succession in mixotrophic acidophiles and the associated changes in solution
properties. Additionally, we explored the roles of these factors in Cd removal. The results
indicated that bioreactor expansion led to a decrease in microbial growth and biomass
accumulation in mixotrophic acidophiles (Figure 2d), hindering the utilization of energy
substrates (Figure 2b,c) [33]. Autotrophic microbes were capable of oxidizing elemental
sulfur to sulfuric acid and inorganic sulfur compounds [34], while heterotrophic microbes
could convert glucose and yeast extract into organic acids and organic substances [35].
Interestingly, we observed a substantial rise in solution pH accompanied by a decrease
in solution ISC during the scale-up cultivation process (Figure 5a), suggesting that the
decline in solution pH was primarily attributed to the production of sulfuric acid through
the oxidation of elemental sulfur.

The alpha-diversity of the fungal community decreased with increasing cultivation
volume (Figure 3a,b), suggesting a decline in the variations in fungal species. The similarity
in the fungal community structure observed in a large cultivation system (Figure 3d)
was potentially due to the simplification of fungal composition (Figure 3f). However,
the relationships between the solution property and dominant microbe were particularly
noteworthy. The relative abundances of Acidithiobacillaceae and Debaryomycetaceae showed
negative correlations with the solution pH, indicating that their growth and metabolism of
these microbes could lead to a reduction in solution pH [36,37]. Given the greater impact
of sulfuric acid production on pH variation (Figure 5a), Acidithiobacillaceae played a more
significant role in reducing solution acidity [38].

The scale-up cultivation process also resulted in changes in the bacterial community,
particularly in the 10 m3 cultivation stage (Figure 3c). The observed disparity can be traced
back to the solubility properties of organic (elemental sulfur) and inorganic (glucose and
yeast extract) energy sources, as well as the distinct growth characteristics of bacteria
and fungi. Bacterial growth, particularly autotrophic strains, exhibits lower oxygen de-
mand compared to fungal growth [39,40]. For instance, Acidithiobacillus ferrooxidans and
Acidithiobacillus thiooxidans, members of the Acidithiobacillaceae family, utilize carbon dioxide
as a carbon source [41]. In the bioreactor, the agitation mechanism facilitates bacterial
growth by suspending insoluble powdered sulfur, enabling its utilization. However, in
the larger 10 m3 system, the sulfur powder tended to settle, limiting its accessibility to
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sulfur-oxidizing bacteria, thus raising the solution pH. On the contrary, organic energy
sources dissolve easily, fueling fungal growth, which necessitates substantial oxygen. As
the bioreactor volume expanded, the dissolved oxygen concentration declined, thereby
decelerating fungal biomass accumulation. In industrial production, measures such as
reactor aeration and increasing the rotational speed can be taken to ensure fungal growth.
Furthermore, the changes in the bacterial community were correlated with the solution
ISC, indicating a limitation in the utilization of elemental sulfur by bacteria (Figure 5a).
Meanwhile, the fungal community was correlated with the solution DGC, suggesting a
restriction on the utilization of glucose by fungi. These correlations further highlight the
impact of bioreactor expansion on the utilization of energy sources by bacteria and fungi.

The PLSPM analysis revealed that bacterial community’s indirect effects on soil total
Cd removal were more substantial (Figure 6). Sulfur-oxidizing bacteria in mixotrophic
acidophiles convert elemental sulfur to sulfuric acid, lowering the solution pH [42], thus
enhancing total Cd extraction efficiency. A low pH of the leaching solution facilitates
increased Cd mobility and its release from soils into a stable solution phase. This study
observed a decline in microbial solution pH from the 0.1 L to 1 m3 stages. Solution
pH fluctuations influenced the soil pH, altering Cd adsorption sites, adsorption interface
stability, and Cd speciation distribution. As the soil pH decreased, the contents of carbonate-
bound Cd, reducible Cd, and residual Cd diminished. These Cd forms were more easily
converted to available Cd speciation at a low pH [43,44]. Acid-soluble Cd could be released
by the dissolution of solid materials with a pH 5 reagent. The reducible Cd was bound to
hydrous oxides of Fe, Mn, and Al in soils. Hydroxylamine hydrochloride (E0 = −1.87 V
and pH 2.0) could extract this fraction. Residual Cd was encapsulated in a crystalline
lattice of silicate and primary and secondary minerals, requiring strong acid digestion for
release. This study employed low-pH microbial solutions (pH 2.5) for the bioremediation
of Cd-contaminated soils. Consequently, Cd compounds were transformed into Cd2+ in the
solution and then separated from the soils, reducing the total soil Cd and DTPA-Cd levels.

The solution pH exhibited a significant negative correlation with the removal efficiency
of total soil Cd (Figures 5c and 6). Therefore, it was necessary to lower the solution pH
during the scale-up cultivation process, particularly at the 10 m3 stage. The solution
pH was positively correlated with the agitator blade’s length. The high solution pH
observed in the 10 m3 stage was due to the inadequate blade length to suspend sulfur
powder effectively [45]. Although the solution pH was not significantly correlated with
AR, AR showed a positive correlation with solution DGC and ISC. Consequently, the
bioreactor parameters in the 10 m3 stage were readjusted by extending the agitator blade
and boosting the agitation rate. As a result, the solution pH values were reduced in
both modified bioreactors, with the longer blade resulting in a more rapid pH decline.
However, considering energy conservation, increasing the agitation rate could further
increase the electrical energy and strain stirring machine. Therefore, it was advised to
prioritize extending the agitator blade length as the preferred modification strategy for the
10 m3 bioreactor.

The study’s results demonstrate potential for practical implementation, as industrial-scale
cultivation of functional strains or microflora has been successfully realized. Mixotrophic
acidophiles exhibit a promising capacity to meet remediation demands at the field level. A
microbial cultivation facility can strategically be situated near contaminated rice paddies,
with the microbial solutions disseminated through irrigation channels or carriers. Irrigation
water serves as a medium for cultivating these microorganisms. To replace the flask mixing
used in this study, conventional tillage methods liking plowing can be employed to blend
the microbial solution with contaminated soil, followed by natural sedimentation. It is cru-
cial to avoid deep soil disruption during mixing process, necessitating the development of
automated machinery for consistent-depth plowing for solid–liquid mixing. Supernatants
can be drained, separated, and collected in a reservoir lined with impermeable membranes
to prevent leakage. Incorporating heavy-metal adsorbents into the reservoir aids in cap-
turing Cd2+ from the supernatant. The purified liquid can be repurposed for microbial
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consortium cultivation, facilitating the transition of mixotrophic acidophilic remediation
from laboratory to field-scale implementation.

5. Conclusions

This study examined the effects of bioreactor expansion on the succession of mixotrophic
acidophiles and its implications for soil Cd remediation. Bioreactor expansion resulted in a
delay in sulfur and glucose oxidations and reduced a less pronounced decrease in solution
pH and cell density. Bioreactor expansion significantly decreased fungal alpha-diversity,
altered the community structure, and simplified the fungal community’s composition.
Bacterial diversity and community structure displayed more substantial variations between
the 10 m3 stage and other cultivation scales. The family-level microbes of Acidithiobacillaceae
and Debaryomycetaceae dominated the bacterial and fungal communities throughout the
scale-up process. The indirect effects of mixotrophic acidophiles played a significant role
in soil Cd removal. Bacterial community shifts with the changes in bioreactor volume
decreased the solution pH, indirectly enhancing Cd removal efficiency. To optimize the
10 m3 bioreactor for efficient Cd remediation, it was suggested to increase the agitator blade
length. This study offers new insights into the relationships between microbial community
dynamics and Cd removal, shedding light on the bioremediation of Cd-contaminated soils
in agricultural systems.
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Abstract: Metal sulfides in waste rocks and tailings are susceptible to serious soil and water contami-
nation due to the generation of acid mine drainage (AMD) during stockpiling. The hydrometallurgical
process is one of the most essential heavy metal remediation technologies through harmless disposal
and resource utilization of the waste sulfides. However, atmospheric hydrometallurgy of sulfides
still faces great challenges due to low leaching efficiency and high cost. In this work, we proposed a
cooperative leaching system (Fe2(SO4)3-O3) and investigated the oxidative dissolution process of
sphalerite (ZnS). Under the optimal conditions, the extracted zinc reached 97.8%. Reactive oxygen
species (ROS) (·OH, 1O2 and ·O2

−) were identified in the radical quenching experiments. The disso-
lution of sphalerite did not show passivation due to the ozone’s capability to oxidize the sulfur in
sphalerite to sulfate. In addition, stirring rate, O3 inlet concentration, and Fe2(SO4)3 concentration
had a significant effect on the dissolution of sphalerite. Meanwhile, the apparent activation energy
was 24.11 kJ/mol based on kinetic fitting, which indicated that the controlling step of the reaction
was mainly a diffusion process. This work demonstrated the cooperative effect of sphalerite leach-
ing in the O3-Fe2(SO4)3 system and provided a theoretical reference for efficient and atmospheric
dissolution of sphalerite.

Keywords: heavy metals; leaching; dissolution process; metal sulfides; sphalerite

1. Introduction

Currently, froth flotation is the most widely used method of separating sulfide ores
to obtain a sulfide concentrate for smelting [1]. The waste ore after flotation is called
flotation tailings, containing large amounts of heavy metal ions and sulfides. As a result, in
recent decades, this method has produced billions of tons of flotation tailings along with
the operation of mining plants around the world [2]. Moreover, the mining process also
produces large quantities of sulphureous mining waste every year. These sulfide metals
mainly include pyrite, sphalerite, chalcopyrite, and galena [3]. As sulphureous waste ore is
oxidized during stockpiling, the acid mine drainage (AMD) produced could lead to serious
soil and water pollution through the ground or surface water cycle.

Tailing dam and surface paste methods have been developed for more economical and
safe storage of tailing [4]. However, with the increasing number of tailings storage depots,
tailing management has become more difficult and the risk of harm to the environment
has increased. In addition, there are still a considerable number of valuable metals in these
tailings that are worth extracting and utilizing. In recent years, a number of new methods
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are being investigated to recover valuable metal components and to reduce the hazards of
sulphureous waste ore [5,6]. Hydrometallurgy is often used to dissolve low-grade minerals
of complex composition. Meanwhile, the process is one of the most essential heavy metal
remediation technologies through harmless disposal (heavy metals removal) and resource
utilization (heavy metals recovery) of the waste sulfides.

The bioleaching process has been used in experimental and industrial-scale stud-
ies [7,8] due to low cost, large production scale and low mineral grade requirements.
Acidithiobacillus ferrooxidans is commonly investigated and used microorganisms for leach-
ing sulfide ores [9]. In the presence of this bacteria, pyrite (FeS2), the prime component of
the sulfide tailings, oxidized to trivalent iron and sulphate [4]. Moreover, many studies have
shown that zinc, iron, and lead sulfide undergo bioleaching to produce the relevant sulfates
and elemental sulfur [3]. However, elemental sulfur can lead to the results of slow reaction
rate and inadequate reaction [10–12], because of the formation of the passivation layer. The
sulfur layer is most likely formed when the sulfur in sulfide ores is oxidized by trivalent
iron. Santos, Rivera-Santillán, Talavera-Ortega, and Bautista [13] studied sphalerite leach-
ing at a pH of 1.0 and 0.5 M Fe3+ at 70 ◦C, using 44–53 μm particle sizes, and a Zn extraction
of 70% after 7 h was obtained, and scanning electron microscopy images showed the
presence of a passive layer on the surface of the undissolved sphalerite. Likewise, Nikkhou,
Xia, and Deditius [12] dissolved sphalerite particles < 22 μm with 2.06 M Fe2(SO4)3 in a
1 M citric acid solution between 35–130 ◦C, and achieved Zn extraction < 80%. Further-
more, the sulfur layer and hydrated ferrous sulfate were confirmed by surface analysis of
the samples.

Powerful oxidation can be used to remove the passivation of the sulfur layer. For
instance, Santos, Rivera-Santillán, Talavera-Ortega, and Bautista [13] dissolved 106–150 μm
sphalerite grains using 2.06 M Fe(NO3)3 at 90 ◦C, and achieved complete extraction within
5 h. Nitrate plays a role in converting elemental sulfur to sulfate. Likewise, [13] leached
pyrite by bioleaching (Leptospirillum ferrooxidans and Acidithiobacillus thiooxidans) and found
that the passivation layer generated caused inhibition of dissolution. After ozone activation,
the sulfur layer on the surface was destroyed and the total iron leaching rate increased from
about 34% to about 50%. Compared to other oxidizers, ozone has significant advantages
such as high efficiency, environmental friendliness, and ease of generation. At the same time,
these characteristics are also very conducive to the realization of the resource utilization of
sulfide tailings.

Ozone is a powerful and environmentally friendly oxidant, with a redox potential of
2.07 V (SHE) in acidic solutions, which is widely used in the treatment of wastewater as an
advanced oxidant [13,14]. Not only does it eliminate the sulfur layer, but it also does not
introduce impurities into the leaching solution. In addition, the leachate can be continu-
ously used for the sulfide tailings dissolution, which reduces the volume of wastewater.
In recent years, many researchers have studied the utility of ozone in hydrometallurgy
and the treatment of mine wastewater. These include gold ore [15,16], silver-bearing
pyrite [17], pyrite [13], stibnite [18], sphalerite [19], wastewater containing cyanide [20],
and thiosalts [21], etc.

However, the reaction mechanism of sulfide tailings with ozone is very complex
because tailings contain multiple metal sulfide ores and the reaction process involves
gas–liquid and liquid–solid mass transfer. In addition, there are two reaction pathways for
ozone: direct reaction via ozone molecules and indirect reaction by ·OH (E = 2.80 V), which
is generated by its decomposition [22]. Therefore, the generation of sulfur layers can be
avoided by whichever pathway predominates. Although in the majority of cases, hydroxyl
radicals are generated under alkaline conditions [22], they can be generated under acidic
conditions in the presence of some catalysts [23]. Example include copper sulfide [24],
galena [25], ferrous ions [14,26], and trivalent ferric ions [23].

If ozone and sulfide tailings are chosen as reactants, it is difficult to obtain a clear
reaction mechanism. Thus, one sulphide ore can be selected to react with ozone to analyze
the mechanism step by step. In this study, sphalerite was selected for research. In addition,
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the effect of Fe3+ should be taken into account in the leaching process, since the oxidation
of pyrite by ozone produces Fe3+ with oxidizing properties [13]. Furthermore, Fe3+ may
affect the pathway of ozone oxidation of sulfide ores due to more difficult gas–solid mass
transfer. The original reaction path for the sphalerite oxygen pressure leaching process is
Equation (1), and with the addition of Fe3+ it is Equations (2) and (3). A significant increase
in the leaching rate with the addition of Fe3+ can be attributed to the increase in the rate of
mass transfer.

ZnS + H2SO4 + 0.5O2 → ZnSO4 + H2O +
1
8

S8 (1)

ZnS + Fe2(SO4)3 → ZnSO4 + 2FeSO4 +
1
8

S8 (2)

2FeSO4 + H2SO4 + 0.5O2 → Fe2(SO4)3 + H2O (3)

Overall, the dissolution of sphalerite was systematically investigated in this study. The
impacts of different dissolving conditions on the extracted zinc were evaluated. The reactive
oxygen species in the O3-Fe2(SO4)3 system were identified by quenching experiments. The
reuse of leachate in O3-Fe2(SO4)3 system was also evaluated by cyclic tests. In addition,
the properties of the residue surface and electrochemical properties were systematically
studied. The reaction mechanism and dissolution kinetics in the sphalerite dissolution
process were explored. This study provides a valuable reference for the leaching of other
sulfide minerals from tailings.

2. Materials and Methods

2.1. Materials

The sphalerite samples were obtained from Changsha, Hunan Province. These samples
were then crushed, ground, sieved, and used for leaching experiments with particle sizes
less than 38 μm. Moreover, the XRF (X-Ray Fluorescence) analysis showed that these
sphalerite samples contained 63.76 wt% Zn, 26.01 wt% S, and 1.53 wt% Fe. The XRD (X-Ray
Diffraction) results were consistent with this result, indicating that these samples are almost
pure ZnS.

Ozone gas was generated from oxygen in the air using an ozone generator (Xianglu
Environmental Co., Ltd., Changsha, China; XLK-G20). Fe2(SO4)3, H2SO4, KOH, ben-
zoquinone (p-BQ), L-histidine, and tert-butyl alcohol (TBA) were analytical grade and
purchased from Sinopharm Chemical Reagent Beijing Co., Ltd., Beijing, China. Distilled
water was used to prepare the leach solution and the relevant properties of the distilled
water samples are shown in Table 1.

Table 1. The water quality parameters of distilled water.

Aqueous Solution pH Total Dissolved Solids (mg/L) Electrical Conductivity (μS/cm) Total Hardness

distilled water-1 7.15 0.44 0.072 NA
distilled water-2 7.07 0.29 0.065 NA

2.2. Dissolution Experiments

For less evaporation, all leaching experiments were conducted in a 500 mL beaker
covered with a watch glass. The beaker was placed in a water bath with magnetic stir-
ring to maintain the temperature and stirring rate. Ozone was injected into the solution
through a venting stone to increase the gas–liquid interface area. The leachates were taken
regularly for inductively coupled plasma optical emission spectroscopy (ICP–OES) (ICAP
7400, Thermo Fisher Scientific Co., Waltham, MA, USA). Deionized water was used to
compensate for the evaporated loss. The leach residues were filtered for surface analysis
and electrochemical studies.
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The aim was to evaluate whether efficient and environmentally friendly leaching
of sphalerite can be achieved by introducing ozone into acidic ferric sulfate solutions.
Leaching experiments were carried out to determine the effect of the zinc dissolution
rate by varying the stirring speed (from 300 to 750 r/min), sulfuric acid addition (from
10 to 40 g/L), temperature (from 30 to 70 ◦C), ozone inlet concentration (from 0 mg/L to
95 mg/L), and ferric ion concentration (from 0.2 to 0.8 mol/L). All leaching experiments
were maintained with a leaching solution of 200 mL, a ventilation rate of 1.2 L/min, a
slurry solid–liquid ratio of 2%, and a leaching time of 6 h. Moreover, the concentration
of ferrous ions was measured by enzyme standardization using o-phenanthroline as the
indicator, and that of ferric ions was calculated.

In order to explore the reaction mechanism and kinetics of sphalerite dissolved in
O3 + Fe2(SO4)3 system, the residues oxidized by different oxidation factors were used
for surface analysis electrochemical tests. In addition, comparative experiments were
conducted concerning ozone and ferric ions, without ozone and without ferric ions under
otherwise identical leaching conditions. Then, their leachate and leachate residue were
analyzed accordingly. Moreover, to determine whether reactive oxygen species were
generated, scavenger experiments with benzoquinone, L-histidine and tert-butyl alcohol as
the scavenger were conducted. All experiments were run in duplicate.

2.3. Analysis of the Residue Surface

The residue samples were filtered, dried, and used for surface analysis, which were
dissolved separately for two hours in Fe2(SO4)3, O3, and O3 + Fe2(SO4)3 system, respectively.

The surface images of the residues were analyzed by scanning electron microscopy [27].
The S of different valence states on the leaching residue surface was detected by X-ray
photoelectron spectroscopy (XPS) (ESCALAB 250Xi). The tests were conducted using an
Al K Alpha X-ray source in a standard lens model. Besides, pass energies of 100 eV and
0.1 eV/step were adopted in the constant analyzer. Thermo Avantage 5.957 was used to fit
the XPS spectra. Before fitting, the spectra were calibrated with C 1 s at a binding energy
of 284.8 eV, and background subtraction was performed using the Smart method. Then,
the spectra were peak fitted using the Gauss-Lorentz line (SGL) function according to the
binding energy of the specific sulfur form.

The mineral composition of the residues was detected by X-ray diffraction (XRD,
Advance D8/Bruker, Billerica, MA, USA). The microstructure and material composition
of the residue samples surface were investigated by scanning electron microscopy (JSM-
6490LV/JEOL, Tokyo, Japan) and energy dispersive spectroscopy (EDS) (Nepture XM
4/EDAX, Pleasanton, CA, USA). The possible reaction products on the surface of the
residues were characterized by Raman spectroscopy (Horiba Scientific LabRAM HR Evolu-
tion, Piscataway, NJ, USA). An exciting source at 632 nm (He Ne laser source) was used
and energy level was 5 mW.

2.4. Electrochemical Tests

Carbon paste electrodes made from sphalerite ore powder were processed for 2 h in
Fe2(SO4)3, O3, and O3 + Fe2(SO4)3 system, respectively.

Carbon paste electrodes are made using mineral powder, including residues and un-
treated sphalerite, homogeneously mixed and pressed with graphite powder and paraffin
wax in a ratio of 7:2:1. A three-electrode system was built, and a carbon paste electrode,
Ag/AgCl, and carbon rod played the role of the working electrode, reference electrode,
and counter electrode, respectively. Furthermore, the reference electrode was connected
to the glass cell through a Luggin capillary with saturated KCl solution. Moreover, the
electrolyte was a 10 g/L sulfuric acid solution in all tests. An electrochemical workstation
(CHI700E, CH Instruments, Inc., Bee Cave, TX, USA) was used to complete these tests
including open-circuit potential-time (OCPT), electrochemical impedance spectroscopy
(EIS), and potentiodynamic polarization (Tafel plot).
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3. Results and Discussion

3.1. Comparision of Sphalerite Leaching in Various Systems
3.1.1. Dissolution of Sphalerite

As shown in Figure 1, the extracted zinc in the Fe2(SO4)3, O3, and O3 + Fe2(SO4)3
systems was approximately 16.3%, 84.4%, and 97.8%, respectively. The distinction between
these systems is whether or not they contain one or both of Fe2(SO4)3 and O3. Their concen-
trations and other experimental conditions were identical. The pH values of the leachate
in the Fe2(SO4)3, O3, and O3 + Fe2(SO4)3 systems were 1.06, 0.94, and 1.06, respectively.
H2SO4 addition was 10 g/L for all systems, but pH was higher in the presence of Fe2(SO4)3.
This may be due to the complexation of SO4

2− with H+ reducing the free H+ concentration.
Comparatively, the extracted Zn of O3 system was significantly higher than that of system
Fe2(SO4)3. The combination of O3 and Fe2(SO4)3 had a substantial promoting effect on
the dissolution of sphalerite. Especially in the first three hours, the extracted Zn of the
O3 + Fe2(SO4)3 system is greater than the sum of that of O3 and Fe2(SO4)3 systems. On
the one hand, we verified that the powerful oxidation effect of O3 can be used for spha-
lerite dissolution. On the other hand, we can speculate that there is a cooperative effect
between O3 and Fe2(SO4)3. Likewise, O3 was used to enhance the dissolution of pyrite by
oxidizing the passivation layer in a bioleaching system [13]. Furthermore, several studies
indicated that Fe (II) and Fe (III) can promote the decolorization of Reactive Red 2 with
O3 through catalysis [26,28]. It was proposed that more reactive substances are generated
during the catalytic process, such as ·OH. Hence, the catalysis of O3 by Fe2(SO4)3 may
be the reason why sphalerite dissolved faster in the O3 + Fe2(SO4)3 system. In addition,
Fe2(SO4)3 plays a crucial role in enhancing oxygen mass transfer in pressure leaching of
sphalerite [29]. Thus, it may also enhance O3 mass transfer in the dissolution of sphalerite
in the O3 + Fe2(SO4)3 system.
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Figure 1. Dissolution of sphalerite in different systems. Experimental conditions: [Fe2(SO4)3] = 0.2
M, O3 inlet = 95 mg/L and 1.2 L/min, H2SO4 addition = 10 g/L, T = 40 ◦C, stirring rate = 650 rpm.

3.1.2. Role of Reactive Oxygen Species

Reactive oxygen species (ROS) (including ·OH, 1O2 and ·O2
−) that are produced by

the decomposition of ozone may play an essential role in dissolution of sphalerite in the
O3 + Fe2(SO4)3 system [30]. In order to obtain insights into the mechanism of sphalerite dis-
solution, these typical ROS generated in the O3 + Fe2(SO4)3 system were identified by a radi-
cal quenching experiment. Normally, tert-butanol (TBA) is considered a sensitive scavenger
for ·OH (k (·OH, TBA) = 6.0 × 108 M−1 S−1), and L-histidine is an excellent quencher of ·OH
and 1O2 (k (·OH, L-histidine) = 5.0 × 109 M−1 S−1, k (1O2, L-histidine) = 1.5 × 108 M−1 S−1) [31].
In addition, para-benzoquinone (p-BQ) is typically selected as ·OH and ·O2

− scavenger
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(k (·OH, p-BQ) = 4.5 × 109 M−1 S−1, k (·O2−, p-BQ) = (0.9 − 1.0) × 109 M−1 S−1) [30]. Hence,
TBA, L-histidine, and p-BQ were applied to identify ·OH, ·OH + 1O2, and ·OH + ·O2

−.
As illustrated in Figure 2a, the addition of 0.1 M TBA relatively inhibited sphalerite

dissolution, especially within 1–3 h, which indicated that ·OH played a relatively vital role
in sphalerite dissolution in the O3 + Fe2(SO4)3 system. Although in the majority of cases,
·OH is generated under alkaline conditions [22], it can be generated under acidic conditions
in the presence of some catalysts (such as Fe (II) and Fe (III)) [23,26,28]. Furthermore,
the addition of 0.1 M L-histidine resulted in a further inhibition of sphalerite dissolu-
tion, suggesting the presence of 1O2. The addition of 0.1 M p-BQ severely suppressed
sphalerite dissolution, illustrating that ·O2

− is the dominant reactive oxygen species in
the O3 + Fe2(SO4)3 system (Figure 2a). It was assumed that the quantity of ·OH gener-
ated and scavenged was the same in each set of experiments. Thus, it can be considered
that the extracted Zn of “No scavenger” is contributed by O3 + Fe2(SO4)3 (direct effect),
·OH, 1O2 and ·O2

−, “L-histidine” is contributed by O3 + Fe2(SO4)3 (direct effect), 1O2 and
·O2

−, “TBA” is contributed by O3 + Fe2(SO4)3 (direct effect), and ·O2
−, and “p-BQ” is

contributed by O3 + Fe2(SO4)3 (direct effect). Calculations show that the contributions of
O3 + Fe2(SO4)3 (direct effect), ·OH, 1O2, and ·O2

− are about 33.2%, 6.3%, 6.5%, and 50.1%
in the O3 + Fe2(SO4)3 system, respectively (Figure 2b). However, it is noticeable that ROS
scavenging experiments can be interfered with by many factors. Hence, the results are
recommended for qualitative instead of quantitative evaluation.

Figure 2. (a) Dissolution of sphalerite in the O3 + Fe2(SO4)3 system with different scavengers. (b) The
contributions of O3 + Fe2(SO4)3 and ROS (·OH, 1O2, ·O2

−) to the extracted Zn. Experimental
conditions: [Fe2(SO4)3] = 0.2 M, O3 inlet = 95 mg/L and 1.2 L/min, H2SO4 addition = 10 g/L,
T = 40 ◦C, stirring rate = 650 rpm; [L-histidine] = 0.1 M, [TBA] = 0.1 M, [p-BQ] = 0.1 M.

3.1.3. The Reuse of Leachate

To verify that the leachate can be reused in the O3 + Fe2(SO4)3 system, a sphalerite
continuous dissolution experiment was conducted. As exhibited in Figure 3a, the Zn2+

concentration reached 11.9 g/L after 6 h dissolution, followed by the addition of minerals
and continued dissolving for 6 h to reach 22.7 g/L. This result indicated that the solution
after dissolving sphalerite in the O3 + Fe2(SO4)3 system had the potential to be reused
several times. Furthermore, for understanding the mechanism, the concentration of Fe3+

was monitored during sphalerite dissolution in the O3 + Fe2(SO4)3 and Fe2(SO4)3 systems.
As displayed in Figure 3b, the [Fe3+] was always maintained around the initial concen-
tration (0.4 M) in the O3 + Fe2(SO4)3 system, while in the Fe2(SO4)3 system the [Fe3+]
decreased continuously from the initial concentration. This equilibrium may be explained
by the fact that ozone constantly produced Fe3+ from Fe2+. Hence, this system can be
easily maintained in a state where sphalerite can be dissolved efficiently. Additionally, in
order to further purify valuable metals, separation and wastewater treatment are usually
required after the leaching process. The process that allows continuous leaching of minerals

59



Toxics 2024, 12, 275

not only improves the efficiency of dissolution, but also reduces the cost of separation
and wastewater treatment. Therefore, dissolving sphalerite or other sulfide ores in the
O3 + Fe2(SO4)3 system is significant for the entire process of metal extraction.
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Figure 3. (a) Variation of the extracted Zn by reusing leachate to dissolve sphalerite in
the O3 + Fe2(SO4)3 system. (b) Variation of Fe3+ concentration during sphalerite leaching in
the O3 + Fe2(SO4)3 and Fe2(SO4)3 systems. Experimental conditions: [Fe2(SO4)3] = 0.2 M, O3

inlet = 95 mg/L and 1.2 L/min, H2SO4 addition = 10 g/L, T = 40 ◦C, stirring rate = 650 rpm.

3.2. The Effect of Different Dissolving Conditions on the Extracted Zinc

The effect of stirring rate on the extracted zinc was evaluated, as illustrated in Figure 4a.
The extraction of zinc increases with increasing stirring rate between 300 and 650 rpm. This
trend can be attributed to the enhancement of O3 mass transfer in the leach solution [15],
since the renewal rate of the gas–liquid contact surface increases with the stirring rate. In
addition, the extracted zinc at 750 rpm was higher than that at 650 rpm during the first
two hours, and then reduced to a value comparable to that at 450 rpm. The reduction may
be because the higher stirring rate cause minerals to accumulate on the vessel walls. Thus,
a rotation rate of 650 rpm was selected as one of the optimal conditions for further research.

The effect of the sulfuric acid (H2SO4) addition on the extracted zinc was investigated,
as shown in Figure 4b. The addition of H2SO4 slightly improved sphalerite dissolution
in the O3 + Fe2(SO4)3 system from 10 g/L to 40 g/L. The observed facilitation can be
attributed to two reasons. First, the addition of H2SO4 reduced the hydrolysis of Fe2(SO4)3,
and may have decreased the formation of insoluble precipitates. Second, H2SO4 is capable
of dissolving sphalerite directly. However, the addition of 0.5 M H2SO4 in the presence of
0.3 M Fe2(SO4)3 had little effect on the extracted Zn [32]. In addition, the study showed that
as the concentration of H2SO4 increases, the solubility of O3 decreases [19]. Consequently,
this promotion is not linear, in the order of 20 > 10 > 40 > 0 g/L H2SO4 addition. Overall,
the addition of H2SO4 had a weak promoting effect on sphalerite in the O3 + Fe2(SO4)3
system. Hence, subsequent experiments set the H2SO4 addition rate at 10 g/L.

As exhibited in Figure 4c, the effect of temperature (20–45 ◦C) on sphalerite dissolu-
tion was evaluated in the O3 + Fe2(SO4)3 system. The values of extracted zinc between
30 and 45 ◦C were in the order of 40 > 35 ≈ 45 > 30 > 25 ≈ 20 ◦C. The observed results
can be attributed to two overlapping reasons. On the one hand, the reaction constant of
sphalerite in the O3 + Fe2(SO4)3 system increases with increasing temperature, and on the
other hand, the solubility of O3 decreases. Likewise, Vinals, Juan, Ruiz, Ferrando, Cruells,
Roca, and Casadao [16] leached gold and palladium with aqueous ozone and obtained
the fastest leaching rate at approximately 40 ◦C. In general, temperature had a slightly
promoting effect on sphalerite in the O3 + Fe2(SO4)3 system within 20 to 45 ◦C. Subsequent
experiments were conducted with the temperature set at 40 ◦C.

As depicted in Figure 4d, the effect of O3 inlet concentration (0–95 mg/L) on sphalerite
dissolution was evaluated in the O3 + Fe2(SO4)3 system. It is clear that O3 can significantly
increase the rate and degree of dissolution of sphalerite with Fe2(SO4)3. Indeed, the
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extracted zinc increased from 17.6% to 74.5% by increasing the O3 inlet concentration from
0 to 30 mg/L. Furthermore, the extracted zinc significantly increases with increasing O3
inlet concentration, indicating that it plays a crucial role in the dissolution of sphalerite
in the O3 + Fe2(SO4)3 system. Subsequent experiments were conducted with the O3 inlet
concentration set at 95 mg/L.

Figure 4. The effect of different factors on the extracted zinc: (a) stirring rate (rpm); (b) sulfuric acid
addition; (c) temperature; (d) ozone inlet concentration; (e) Fe2(SO4)3 concentration, no ozone inlet;
(f) Fe2(SO4)3 with 95 mg/L and 1.2 L/min O3 inlet.

As shown in Figure 4e,f, the effect of Fe2(SO4)3 concentration on sphalerite dissolution
was evaluated in the Fe2(SO4)3 and O3 + Fe2(SO4)3 systems. The extracted zinc increased
linearly with increasing Fe2(SO4)3 concentration in the Fe2(SO4)3 system. The results can
be attributed to the fact that the extracted zinc grew as the dose of oxidizer increased [32].
In the O3 + Fe2(SO4)3 system, dissolution of sphalerite was significantly facilitated by the
addition of Fe2(SO4)3 (0.2–0.8 M). However, the trend of the extracted Zn with increasing
Fe2(SO4)3 concentration was opposite to that of the Fe2(SO4)3 system. The results can be
attributed to several reasons. The first reason could be that higher concentrations of ferric
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ions will complex with sulfate to form insoluble sulfates which prevent the reaction from
continuing [12,33]. Second, there were multiple reaction pathways in the O3 + Fe2(SO4)3
system, and an increase in the Fe2(SO4)3 concentration promoted the slower reaction
pathways. The Fe3+ in the system acts as both a catalyst and direct reactor, and its direct
dissolution of sphalerite is the slower reaction pathway. Moreover, there is extra ozone
depletion due to S8 from the direct reaction of sphalerite and Fe2(SO4)3. Finally, excessive
Fe2+ may consume hydroxyl radicals with high redox potential, as Zhang, Dong, and
Yang [27] mentioned in Equation (4). Thus, 0.2 M Fe2(SO4)3 was chosen as one of the
optimal conditions during sphalerite dissolution in the O3 + Fe2(SO4)3 system.

Fe2+ + ·OH → Fe3+ + OH− (4)

3.3. Properties of the Residue Surface
3.3.1. SEM Images and EDS

The surface morphology of the residues after 2 h processed in different systems were
observed by SEM (Figure 5a,d). It is easy to obtain the following information. First,
Figure 5c,d illustrate that different surface characteristics will form when sphalerite is
dissolved by ozone and ferric sulfate. The former are pits with well-defined edges, and
the latter are covered by layer products. The unique corrosion surface in Figure 5c may
be related to the adsorption site of ozone. Second, the similar surface morphologies of
Figure 5b,d indicated that the direct reaction with sphalerite may be mainly Fe2(SO4)3,
when ozone is used in combination with Fe2(SO4)3. In addition, many granular products
were produced when sphalerite was dissolved in the O3 + Fe2(SO4)3 system. However,
in the Fe2(SO4)3 system, the product is layered and adsorbed on the sphalerite surface.
With the proceeding reaction, the product layer will impede mass transfer, thus causing
incomplete leaching of sphalerite. For example, Nikkhou, Xia, and Deditius [12] leached
106–150 μm sphalerite particles using 1.03 M Fe2(SO4)3 in a 1 M citrate solution in the
temperature range of 35–130 ◦C and obtained maximum Zn extractions of 46.1%.

Figure 5. SEM images of sphalerite and dissolved residues from different systems: (a) unpro-
cessed; (b) O3 + Fe2(SO4)3 system; (c) O3 system; (d) Fe2(SO4)3 system; dissolved conditions:
[Fe2(SO4)3] = 0.2 M, O3 inlet = 95 mg/L and 1.2 L/min, H2SO4 addition = 10 g/L, T = 40 ◦C, stirring
rate = 650 rpm, reaction time = 2 h.
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EDS testing further explored the main elemental composition of the residue surface
(Table 2). To increase the electrical conductivity of the sample, a layer of platinum was
sprayed on the surface. The surface elemental composition of the residues leached by ozone
is close to that of unprocessed sphalerite. This may be due to the direct oxidation of sulfur in
sphalerite to soluble sulfate by ozone. However, the mass ratio of elemental sulfur increased
from 28.28% to 41.53% and 38.22% after leaching in the O3 + Fe2(SO4)3 and Fe2(SO4)3
systems, respectively. This result suggests that the product may be elemental sulfur.

Table 2. Elemental composition of the residue surface.

Parameters Zn (wt%) S (wt%)

a 66.34 28.28
b 50.60 41.53
c 67.52 27.89
d 58.61 38.22

3.3.2. Spectral Properties

The main composition of the surface products of the residues were confirmed by
XRD and Raman spectra tests (Figure 6a,b). The primary crystals in the residues are
sphalerite, and a small amount of elemental sulfur is produced when Fe2(SO4)3 is present
(Figure 6a). In addition, the amount of elemental sulfur produced is significantly more
in the O3 + Fe2(SO4)3 system than the Fe2(SO4)3 system. The results are mainly because
the introduction of ozone plays an essential role in maintaining the concentration of
Fe2(SO4)3. The continuous reaction of Fe2(SO4)3 with sphalerite produced large amounts
of S8. However, as can be seen from the SEM image, this elemental sulfur does not cover
the sphalerite surface.

Figure 6b presents the Raman bands of particles on the surface of residues after
2 h of leaching under different oxidation factors. The Raman bands of sphalerite are at
298 (dominant), 309, 340, and 350 cm−1, where the band of 350 cm−1 is the Zn-S band
and the rest are Fe-S bands [34]. However, the band at 350 cm−1 in this experiment is the
dominant band. This phenomenon can be attributed to the fact that the sphalerite used in
this experiment contains only 1.53 wt% Fe. In addition, the study of White [35] indicated
that S8 had dominant bands at 153, 419, and 472 cm−1 and minor bands in 187, 246, and
437 cm−1. The positions of these bands are consistent with the last two Raman spectra in
Figure 6b. Therefore, it is more certain that the elemental sulfur is generated both in the
Fe2(SO4)3 and the O3 + Fe2(SO4)3 systems.

The chemical state of elemental sulfur is essential to explore the mechanism of spha-
lerite dissolution. Hence, an XPS test of elemental sulfur was performed. Figure 6c–f
illustrate XPS (S 2p) spectra of the surface of residues after 2 h of leaching under different
oxidation factors, and well-fitted results. The 2p orbital usually shows split peaks (2p1/2
and 2p3/2). Firstly, S2− counts of the samples were significantly reduced in the Fe2(SO4)3
and O3 + Fe2(SO4)3 systems. This decrease indicates that a large number of other sulfur
products had been produced. Secondly, polysulfides (Sn

2−, n ≥ 2) were produced on
the surface of all residues. This can be attributed to the occurrence of surface relaxation.
Because of the unbalanced chemical bond forces of the atoms on new surfaces, S atoms
move outward and Zn atoms move inward, forming S-enriched surfaces [35]. Thirdly,
while both Raman and XRD spectra showed the presence of S8 in the residue surfaces
leached in the Fe2(SO4)3 and O3 + Fe2(SO4)3 systems. However, S8 was only present in
Fe2(SO4)3 system in the XPS spectra. This difference may be attributed to the fact that
elemental sulfur evaporates in a vacuum for T > 200 K [36]. The S8 tested in this XPS may
be the residual part after evaporation. Thus, the S8 can be identified as one of the reaction
products. Finally, the XPS peak for SO4

2− appears independently because a significant
chemical shift occurs in the electron orbitals of S in the presence of four oxygen atoms.
The amount of SO4

2− in the different leaching conditions is in the order of Fe2(SO4)3
system > O3 + Fe2(SO4)3 system > O3 system. This phenomenon may be attributed to the
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fact that the amount of S8 covering the residue surfaces is in the order of Fe2(SO4)3 system
> O3 + Fe2(SO4)3 system > O3 system = 0. Furthermore, SO4

2− was adsorbed in the porous
elemental sulfur. In addition, no S8 was present in the solution after complete leaching in
the O3 and O3 + Fe2(SO4)3 systems. This is probably because S8 can be oxidized to SO4

2−
by O3 [13].

Figure 6. Spectra properties of sphalerite and dissolved residues from different systems: (a) XRD spec-
tra; (b) Raman spectra; (c–f) XPS (S 2p). Dissolved conditions: [Fe2(SO4)3] = 0.2 M, O3 inlet = 95 mg/L
and 1.2 L/min, H2SO4 addition = 10 g/L, T = 40 ◦C, stirring rate = 650 rpm, reaction time = 2 h.

3.4. Electrochemical Characterization

Loss of electrons is less likely to occur at the electrode with a larger open circuit
potential (OCP), i.e., the tendency to be oxidized is smaller [13,37]. Therefore, sphalerite
carbon paste electrodes with higher OCPs are more difficult to dissolve by oxidation.
Figure 7a illustrates that the most easily oxidized is the unprocessed sphalerite carbon
paste electrode. Next is the electrode processed in the O3 and O3 + Fe2(SO4)3 systems. The
OCP of the latter is slightly larger, but much smaller compared to the OCP of the electrode
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processed in the Fe2(SO4)3 system. This difference in OCP may be due to whether a sulfur
layer is produced on the electrode surface.

Figure 7. Electrochemical properties of sphalerite carbon paste electrode processed in different
systems: (a) open circuit potential; (b) Tafel curves; (c,d) Nyquist impedance spectra and equivalent
circuit. Processed conditions: [Fe2(SO4)3] = 0.2 M, O3 inlet = 95 mg/L and 1.2 L/min, H2SO4

addition = 10 g/L, T = 40 ◦C, stirring rate = 650 rpm, reaction time = 2 h.

The corrosion kinetics of minerals can be analyzed by the Tafel test (Figure 7b). The
corrosion kinetics are proportional to the corrosion current (Icorr) [13]. These Icorr of elec-
trodes are from larger to smaller unprocessed and processed in the O3 + Fe2(SO4)3, O3,
and Fe2(SO4)3 systems. These results indicate that the corrosion kinetics of the electrode
oxidized in the O3 + Fe2(SO4)3 system are faster than those in the Fe2(SO4)3 system (Table 3).
In addition, the deviation of the corrosion potential (Ecorr) from the OCP may be attributed
to the effect of polarization. However, the order of these Ecorr values in magnitude is
consistent with that of OCP. Hence, these corrosion currents are valid for comparing their
corrosion kinetics.

Table 3. Parameter values of the Tafel test curves.

Parameters Cat Slp (1/v) Ano Slp (1/v) Lin Pol R (ohms) Corr I (A)

Unprocessed 25.0 4.0 534,38 1.600 × 10−6

By O3 25.0 6.5 146,393 1.000 × 10−6

By Fe2(SO4)3 10.5 10.0 194,038 7.112 × 10−7

By O3 + Fe2(SO4)3 15.5 6.0 127,008 1.033 × 10−6
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The transfer model of charge can be analyzed by electrochemical impedance spec-
troscopy (EIS). Moreover, Nyquist impedance spectra (Figure 7c,d) and Bode plots were
well fitted based on the equivalent circuit (in Figure 7d), and the fitted parameters are
shown in Table 4. In the equivalent circuit, R1, R2, R3, and W1 represent the solution
resistor, surface electric double layer resistance, passivation layer resistance and Warburg
impedance, respectively. The resistance and other parameters of the electrodes were rela-
tively similar for different oxidation conditions, except for the electrodes oxidized in the
Fe2(SO4)3 system. In particular, the passivation resistance (R3) is much higher than that
of other electrodes under oxidation conditions. These results indicate that a significant
passivation layer was generated at the electrode oxidized in the Fe2(SO4)3 system. And it
severely impeded the charge transfer. In contrast, the passivation resistance (R3) is less than
10−5 at the electrode oxidized in the O3 + Fe2(SO4)3 and O3 systems. The results indicated
that ozone prevents the generation of passivation layers. In addition, the negligible R3
of the unprocessed sphalerite electrode is probably due to polishing. Therefore, good
charge transfer efficiency can be provided when sphalerite is oxidized with ozone and
iron(III) sulfate.

Table 4. Impedance parameter values of the equivalent circuit.

Parameters R1 CPE-T1 CPE-P1 R2 CPE-T2 CPE-P2 R3 W1-R W1-T W1-P

Unprocessed 7.24 6.84 × 10−7 1.118 2.59 4.93 × 10−5 0.778 0.002 8432 5.94 0.297
By Fe2(SO4)3 6.70 3.98 × 10−6 1.211 63.58 1.62 × 10−5 1.042 733 8996 456.21 0.496

By O3 6.06 1.03 × 10−6 1.516 8.60 3.72 × 10−7 1.464 <10−5 5418 5.88 0.477
By O3 + Fe2(SO4)3 6.09 2.04 × 10−7 1.476 26.55 3.93 × 10−7 1.357 <10−5 7600 6.33 0.390

3.5. Dissolution Kinetics

The dissolution of sphalerite in the Fe2(SO4)3-O3 system is intrinsically a liquid–solid
reaction. Furthermore, the reaction rate was significantly affected by O3 concentration and
stirring rate, and slightly by temperature. Thus, the rate-controlling step of the reaction may
be the diffusion process of O3. To verify this speculation, the Jander (cylindrical diffusion)
equation (Equation (5)) was used to fit the leaching data at different temperatures and
different O3 concentrations [38]. As seen in Figure 8a,c, the good fit of this equation to the
leaching data suggests that it can be used to explain the kinetics of sphalerite dissolution
in the Fe2(SO4)3-O3 system. The apparent activation energy of the reaction process was
calculated to be 24.11 kJ/mol based on the Arrhenius equation, since ln(k) versus 1/T is
excellently linear in the range of 20–40 ◦C, as seen in Figure 8b. The values of activation
energy indicate that the dissolution reaction of sphalerite in the Fe2(SO4)3-O3 system is
mainly controlled by diffusion.

(
1 − (1 − α)1/2

)2
= kt (5)

To further understand the effect of O3 concentration on sphalerite dissolution in the
Fe2(SO4)3-O3 system, the plot of ln(k) versus ln[O3] was fitted. As exhibited in Figure 8c
an excellent linear relationship was observed between them, confirming the linear effect
of O3 concentration on the extracted zinc. In addition, the slope value (0.83) represents
the empirical order of sphalerite dissolution regarding the O3 inlet concentration in the
Fe2(SO4)3-O3 system (Figure 8d). Furthermore, it can be seen from the SEM images
that there is no product layer in the presence of ozone, indicating that it is not product
layer diffusion. Therefore, it is more certain that the dissolution rate of sphalerite in the
Fe2(SO4)3-O3 system is mainly controlled by ozone diffusion processes.
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Figure 8. Kinetic fitting of sphalerite dissolving in Fe2(SO4)3-O3 system: (a,b) kinetic fit and graph of
ln(k)–1/T in 20–40 ◦C; (c,d) kinetic fit and plot of ln(k)–ln[O3] in 30–95 mg/L O3 inlet. Experimental
conditions: [Fe2(SO4)3] = 0.4 M, O3 inlet = 95 mg/L and 1.2 L/min, H2SO4 addition = 10 g/L,
T = 40 ◦C, stirring rate = 650 rpm, reaction time = 2 h.

3.6. Possible Reaction Mechanisms

According to the above surface properties and experimental results, a possible mecha-
nism for sphalerite dissolution in the Fe2(SO4)3-O3 system has been proposed, as shown
in Figure 9. (1) Direct oxidation of O3 and Fe2(SO4)3 with sphalerite. Fe2(SO4)3 can re-
act directly with sphalerite and the characteristic product is S8. The reaction of O3 with
sphalerite produces little or no elemental sulfur, and the products are likely to be soluble
sulfur oxides (SO4

2−). Furthermore, O3 oxidizes the Fe2+ produced by sphalerite reduction
to Fe3+ and S8 to soluble sulfur oxides. (2) ROS (·OH, 1O2 and ·O2

−) generated by Fe(II)-
and Fe(III)-catalyzed O3 oxidizing sphalerite. These ROS act similarly to O3, but have a
more powerful oxidizing capacity than it. (3) The dissolution reaction of sphalerite in the
Fe2(SO4)3-O3 system is mainly controlled by diffusion, and the rate of sphalerite dissolution
depends mainly on the concentration of dissolved O3.

The specific process of ROS generation is shown in Equations (6)–(12) [26,30]. The
generation of ·OH from Fe2+ and Fe3+ with O3 is essentially an acid-consuming process,
and thus they can be used as catalysts under acidic conditions. Moreover, there may
be two main reasons why ·O2

− among the ROS played a dominant role in sphalerite
dissolution in the Fe2(SO4)3-O3 system. First, Fe2+ and Fe3+ readily form surface hydroxyl
groups with water, which react with ozone to produce large quantities of ·O2

− and ·OH2.
Second, ·OH2 is capable of producing ·O2

− and ·OH in different pathway. More ·OH2 may
be converted to ·O2

− during sphalerite dissolution in the Fe2(SO4)3-O3 system.

Fe2+ + O3 → Fe3+ + ·O−
3 (6)

O−
3 + H+ → O2 + ·OH (7)
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Fe3+ + O3 + H2O → FeO2+ + H+ + ·OH + O2 (8)

O3 + OH− → ·O−
2 + ·HO2 (9)

HO2 + O3 → 2O2 + ·OH (10)

HO2 → ·O−
2 + H+ (11)

OH + ·O−
2 →1 O2 + OH− (12)

Figure 9. Mechanism model for dissolution of sphalerite in the Fe2(SO4)3-O3 system.

4. Conclusions

The proposed O3-Fe2(SO4)3 leaching process is an excellent alternative for the efficient
and eco-friendly recovery of valuable metals from sphalerite at atmospheric pressure.
Under the optimum conditions ([Fe2(SO4)3] = 0.2 M, O3 inlet = 95 mg/L and 1.2 L/min,
H2SO4 addition = 10 g/L, T = 40 ◦C, stirring rate = 650 rpm), the extracted zinc achieved
97.8% and was significantly higher than systems O3 (82.1%) and Fe2(SO4)3 (16.4%). At the
same time, the electrochemical properties of ozonated sphalerite are similar to those of
sphalerite, which indicates that ozone prevents the generation of passivation layers.

ROS (·OH, 1O2 and ·O2
−) from O3 decomposition played a significant role in the

dissolution of sphalerite, especially ·O2
−. Furthermore, the sulfur products of sphalerite in

the Fe2(SO4)3 and O3 systems are S8 and sulfates, respectively. S8 was also produced in
the O3-Fe2(SO4)3 system, but without inhibiting the dissolution of sphalerite. Moreover,
the apparent activation energy was 24.11 kJ/mol based on kinetic fitting, which indicated
that the controlling step of the reaction was mainly a diffusion process. In addition, the
empirical order (0.83) of sphalerite dissolution regarding the O3 inlet concentration was
obtained. These kinetic results revealed that the O3 concentration in the solution is the
critical factor in determining the rate of sphalerite dissolution in the O3-Fe2(SO4)3 system.
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Abstract: Lead contamination in soil has emerged as a significant environmental concern. Recently,
pulse electrochemical treatment (PECT) has garnered substantial attention as an effective method for
mitigating lead ions in low-permeability soils. However, the impact of varying pulse time gradients,
ranging from seconds to hours, under the same pulse duty cycle on lead removal efficiency (LRE) and
energy consumption in PECT has not been thoroughly investigated. In this study, a novel, modified
PECT method is proposed, which couples PECT with a permeable reaction barrier (PRB) and adds
acetic acid to the catholyte. A comprehensive analysis of LRE and energy consumption is conducted
by transforming pulse time. The results show that the LREs achieved in these experiments were as
follows: PCb-3 s (89.5%), PCb-1 m (91%), PCb-30 m (92.9%), and PCb-6 h (91.9%). Importantly, these
experiments resulted in significant reductions in energy consumption, with decreases of 68.5%, 64.9%,
51.8%, and 47.4% compared to constant voltage treatments, respectively. It was observed that LRE
improved with an increase in both pulse duration and voltage gradient, albeit with a corresponding
rise in energy consumption. The results also revealed that corn straw biochar as a PRB could enhance
LRE by 6.1% while adsorbing migrating lead ions. Taken together, the present data highlights the
potential of modified PECT technology for remediation of lead-contaminated soil, which provides an
optimal approach to achieve high LRE while minimizing energy consumption.

Keywords: lead contamination; pulse electrochemical treatment; permeability reaction barrier;
removal efficiency; energy consumption

1. Introduction

The accumulation of lead (Pb) contaminants on both the surface and within the soil
matrix represents a significant threat to human health and the natural soil ecosystem [1].
Extensive research efforts have been devoted to addressing the remediation of soil contami-
nated with lead using physical, chemical, and biological approaches [2–5]. Nevertheless,
these conventional techniques often entail prolonged operation, high energy consumption
and significant labor. Consequently, there has been a growing exploration of low-energy,
eco-friendly, and sustainable electrochemical treatment (ECT) technologies for remediat-
ing heavy metal–contaminated soils, especially those characterized by low-permeability
properties [6]. Recently, ECT technology has achieved successful implementation at both
laboratory and pilot scales for the removal of heavy metals from soil [7]. ECT technology
is founded on three fundamental processes: electroosmosis, electromigration, and elec-
trophoresis [4]. Upon the insertion of electrodes into the soil, an electric field is generated,
which imparts energy to charged metal ions, compelling them to migrate in the oppo-
site direction of their inherent charge, a phenomenon referred to as electromigration [8].
Electroosmosis pertains to the movement of pore water within the soil matrix’s porosity,
induced by the presence of an electric double layer when an electric field is applied [9].
Electrophoresis, on the other hand, involves the motion of charged particles within an
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electric field [10]. The electrolysis reactions occurring at the anode and cathode lead to
the generation of hydrogen ions and hydroxide ions [11]. During this electrolysis process,
hydrogen ions are released and exchanged with positively charged metal ions located on
the surface of soil particles, thereby facilitating the desorption and dissolution of metal ions
within the vicinity of the anode [11]. Meanwhile, hydroxide ions produced at the cathode
tend to accumulate and create complexes with heavy metal ions within the soil. This
accumulation triggers precipitation and crystallization, thereby influencing the migration
of metal ions [12].

In recent decades, ECT technology has emerged as a promising technique for reme-
diating soil pollution [5,8,11,13–16]. Many recent advancements have been made in this
field [17–19]. However, Ryu et al. confirmed that achieving a 75.7% removal efficiency
for lead necessitates a treatment duration of 720 h and incurs an energy consumption
of 1205 kWh/ton in the traditional ECT [14]. High removal efficiency and low energy
consumption are major challenges for the field application of traditional ECT [20]. In order
to balance the removal efficiency and associated costs, pulse electrochemical treatment
(PECT) was modified from the traditional ECT [21,22]. Yuan et al. indicated that PECT
technology involves intermittently controlling the flow of electric current at timed intervals,
thereby periodically applying an electric field in the soil to drive the migration of heavy
metal ions, achieving the removal of the latter [21,22]. Unlike traditional constant voltage
treatment, PECT demonstrated clear advantages in reducing energy consumption and
enhancing removal efficiency [23]. Ryu pointed out that pulse voltage could decrease
energy consumption by adjusting power-off intervals while also reducing polarization
effects and focusing phenomena, ultimately leading to improved removal efficiency [23].
Sun et al. achieved a significant reduction in energy consumption by applying a pulsed
current of 0.2 mA/cm2 for the treatment of heavy metal-contaminated soil [24]. In a specific
soil environment, the removal of heavy metals primarily relies on two factors: (1) the
ability of electrolytic hydrogen ions to replace metal ions adsorbed on the soil surface and
(2) the electromigration capability of metal ions in soil pores [25]. With regard to acid
enhancers, numerous studies have substantiated that the inclusion of acidic enhancers
could substantially enhance the removal efficiency of lead from soil [21,26,27]. Zhang
et al. confirmed that removal efficiency increased by 20% in the ECT of Pb-contaminated
kaolin by adding acetic acid [28]. Moreover, in recent years, various eco-friendly adsorbent
materials have been employed in remediating heavy metal-contaminated soil by acting as
permeable reactive barriers (PRBs) [29]. These materials exhibit strong adsorption capa-
bilities, possess large specific surface areas, and contain abundant functional groups [19].
Biochar, as a superior PRB filling material, can be derived from a variety of organic and
inorganic sources, including agricultural residues, forest residues, algal biomass, waste
tires, and heavy crude oil [30]. He et al. utilized a new sheet PRB material, resulting in
a significant reduction of residual heavy metals [26]. The comparison of lead removal
efficiency and energy consumption under different electrochemical treatment conditions is
displayed in Table S1 for ECT taking Pb and other heavy metals as an example.

Single ECT methods that can achieve an LRE of over 90% are rare [22], and there is
even less research on PECT that simultaneously considers removal efficiency and electrical
energy consumption for lead ion removal from soil [21,22]. Moreover, the concurrent
application of various composite technologies often tends to prolong treatment time and
increase voltage gradient, inevitably leading to an increase in time and electric energy
costs [21,22]. Therefore, it is meaningful to explore a treatment technology that efficiently
removes Pb from the soil while minimizing energy consumption. Yuan et al. employed a
12 h ON and 12 h OFF pulse treatment cycle, achieving an impressive removal efficiency of
93.5%. However, limited attention was given to the time gradient, and the 705 h treatment
duration proved to be relatively lengthy, increasing time-related costs [22]. Based on
previous research on the removal of Pb from the soil, a novel, modified PECT technology
by coupling with PRB and adding acetic acid to catholyte was applied in this study.
The varying pulse time gradients, ranging from seconds to hours, under the same pulse
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duty cycle were investigated. Zhou et al. showed that the pulse interval of 30 min
ON/30 min OFF can achieve the highest removal efficiency for fluoride removal in soil [31].
Consequently, the effects of different pulse time gradients on heavy metal removal efficiency
and energy consumption were compared by using a 1:2 pulse duty cycle. The pulse time
gradient included seconds, minutes, and hours and consisted of four pulse interval periods:
3 s ON/3 s OFF, 1 min ON/1 min OFF, 30 min ON/30 min OFF, and 6 h ON/6 h OFF.
In this study, corn straw biochar was utilized as a PRB and positioned adjacent to the
catholyte compartment within the reactor. It exhibited a porous structure and a substantial
specific surface area, enabling it to adsorb metal ions that were transported through pore
water from the soil through electrostatic interactions, van der Waals forces, and capillary
action [32]. Moreover, biochar contained numerous soluble ions within its structure, and
its inherent carbonaceous nature served as a conductor for ions. Therefore, PRB not only
adsorbed lead ions leached from the soil but also increased the electric current, playing a
significant role in enhancing the removal efficiency [18,32].

This work focused on assessing the efficiency of lead removal from contaminated
kaolin by using pulse voltage, with corn straw biochar serving as a PRB and acetic acid
incorporated into the catholyte. The initial concentration of lead in the soil sample was
1153 mg kg−1. The primary objective was to conduct a comprehensive analysis of LRE and
energy consumption by varying pulse time gradients in the PECT system coupled with the
PRB. Furthermore, the study evaluated the potential of biochar in preventing secondary
pollution in the catholyte and provided innovative design concepts for future remediation
of lead-contaminated soil.

2. Materials and Methods

2.1. Chemicals and Materials

The kaolin sample used in this study was obtained from Lingshou County Dehang
Mineral Products Inc. (Shijiazhuang, China); the calcination temperature of kaolin was
between 700 ◦C and 1300 ◦C. The kaolin was calcined to a particle size of 200 mesh and
artificially contaminated with Pb (CH3COO)2·3H2O solution at a concentration of 1 g L−1

of metal, with the soil moisture content maintained at 50%. The mixture of kaolin and
solution was thoroughly stirred multiple times to ensure a homogeneous distribution
of contaminants, and this process was continued for one month. The soil sample was
then naturally dried and sequentially filtered using an 80-mesh sieve in a cool and dry
laboratory environment. The initial concentration of Pb in the soil sample was determined
to be 1153 mg kg−1. The soil pH was 5.77, and the electrical conductivity of the soil
was 86.45 μs/cm, after mixing with lead acetate. The biochar used in this study was
prepared from corn straw, which was purchased from Henan Lize Environmental Protection
Technology Inc. (Shangqiu, China). The direct current (DC) power supplies were obtained
from Chengde County Yuantao Trading Inc. (Chengde, China) and provided controllable
DC voltage for the experiments. The relays were obtained from Leqing Lingyu E-commerce
Inc. (Wenzhou, China). The electrochemical experimental reactor used in the study was
manufactured by Hangzhou Zun-quan Acrylic Inc. (Hangzhou, China). The chemical
properties of the initial samples and biochar are presented in Tables 1 and 2.

Table 1. Initial chemical properties of kaolin.

The Properties of Kaolin Value

pH 5.77 ± 0.21
EC (μs/cm) 86.45 ± 25.74

SiO2 (%) 54.42 ± 0.11
Al2O3 (%) 42.68 ± 0.09
TiO2 (%) 1.77 ± 0.01

Fe2O3 (%) 0.58 ± 0.009
CaO (%) 0.23 ± 0.007
K2O (%) 0.13 ± 0.005
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Table 1. Cont.

The Properties of Kaolin Value

P2O5 (%) 0.08 ± 0.002
MgO (%) 0.06 ± 0.001
SrO (%) 0.03 ± 0.001

Cr2O3 (%) 0.02 ± 0.001

Table 2. Initial chemical properties of biochar.

The Properties of Biochar Value

Organic carbon content (%) 42.21 ± 0.21
Total nitrogen content (%) 8.34 ± 0.05

Total phosphorus content (%) 2.31 ± 0.01
Total potassium content (%) 16.12 ± 0.09

Ash content (%) 7.23 ± 0.03
Others (%) 23.79 ± 0.11

pH 9.46 ± 0.05

2.2. Experimental Setup

A schematic of the electrochemical experimental reactor is shown in Figure 1. The
reactor was constructed using plexiglass and had dimensions of 24 cm (length) × 4 cm
(width) × 6 cm (depth). It consisted of four compartments: the soil compartment, two
electrolytic compartments, and the biochar compartment. The corn straw biochar was
utilized in the biochar compartment as a PRB and positioned adjacent to the catholyte
compartment within the reactor. It can adsorb lead ions to prevent excessive heavy metals
from entering the catholyte compartment [33]. The two electrolytic compartments received
fresh electrolytes for the electrochemical progress and discharged the waste liquid at both
ends of the electrolytic compartments. The biochar compartment was positioned adjacent
to the soil compartments and the cathodic electrolytic compartment. The soil compartment
refers to the specific area where the soil sample was placed and was divided into five equal
sections (S1–S5) from the anode toward the cathode. A fiber filter paper was positioned
in the partition layer of the compartment to facilitate filtration. To ensure a homogeneous
distribution of the electric field, sheet-shaped graphite electrodes measuring 0.2 cm × 7 cm
× 4 cm were inserted into the two electrolytic compartments. A wire connected in parallel
to the longitudinal section of the compartment served to link the DC power source with
the multimeter, allowing for the measurement of the electrical parameters. The relays
were utilized to control the periodic ON/OFF function of the DC power. By regulating the
ON/OFF time of the power, the relay facilitated the formation of a pulse-type ECT system
in the soil. A multimeter was installed by wire between the DC power and the soil reaction
device for monitoring the current. The study evaluated a total of nine experimental groups
and compared the performance of different pulse voltage supply types, the presence of
biochar-based PRB, voltage gradients, treatment durations, and interval periods of pulse
voltage in ECT; the details of each experimental group are presented in Table 3.

Table 3. Experimental parameters of the ECT programs.

No. PRB Power Type
Power On/Off

Interval Periods
Voltage Gradient

(V/cm)
Treatment
Time (h)

DC0-S no PRB DC power Constant voltage 4 72
DC0 no PRB DC power Constant voltage 4 204
DCb biochar DC power Constant voltage 4 204
DC2b biochar DC power Constant voltage 2 204
PCb-3 s biochar PC power 3 s/3 s 4 204
PCb-1 m biochar PC power 1 min /1 min 4 204
PCb-30 m biochar PC power 30 min/30 min 4 204
PCb-6 h biochar PC power 6 h/6 h 4 204
PC2b-6 h biochar PC power 6 h/6 h 2 204
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Figure 1. Experimental setup for pulse voltage power system.

2.3. Experimental Procedure

In this study, the soil samples were loaded into an experimental reactor designed for
electrochemical experiments and were compacted layer by layer. Each layer of soil was
compressed uniformly to minimize the presence of empty spaces between soil particles,
ensuring consistent soil properties in the direction of the applied voltage. The compaction
process continued until the soil surface was level with the drainage hole. To incorporate
biochar, it was wrapped in filter paper and placed in the designated biochar compartment
within the reactor. The anodic compartment was filled with deionized water while the
cathodic compartment was filled with a 0.3 mol/L acetic acid solution. These electrolytes
were intended to induce the desired electrochemical reactions and facilitate the electro-
chemical process within the experimental system. Graphite electrodes were used in the
experimental setup and positioned in the respective electrolytic compartments [34,35]. To
prevent direct contact between the electrodes and the soil samples, porous plexiglass plates
and filter paper were employed as separation barriers. These materials allowed for the
passage of electric current while maintaining a physical separation between the electrodes
and the soil samples. This setup ensured the effective and safe application of the ECT to
the soil samples. Before treatment, the soil samples were saturated with deionized water
for 12 h. This step was conducted to ensure that the soil samples reached their maximum
moisture capacity. By fully saturating the soil, the water content in the soil pores and voids
was optimized.

All experiments were conducted at room temperature. The duration of the experiment
was set to 72 h and 204 h, respectively. The soil compartment had a total length of 15 cm,
with the biochar compartment and electrolytic compartments having a length of 5 cm. The
experiment was designed to apply voltage gradients of 2 V/cm and 4 V/cm, corresponding
to voltages of 42 V and 84 V, respectively. The experimental group employed a pulse voltage
power supply system controlled by relays. Zhou et al. showed that the pulse interval of
30 min ON/30 min OFF achieved the highest removal efficiency for fluoride removal in
soil [31], and Mu’azu et al. showed that heavy metal removal efficiency increased with
the pulse duty cycle and voltage gradient increases [36]. Based on previous studies on
the pulse duty cycle in the PECT system, the effects of different pulse time gradients
on heavy metal removal efficiency and energy consumption were compared using a 1:2
pulse duty cycle. The pulse time gradient included seconds, minutes, and hours. It
consisted of four interval periods of pulse voltage: 3 s ON/3 s OFF, 1 min ON/1 min OFF,
30 min ON/30 min OFF, and 6 h ON/6 h OFF. A peristaltic pump was used to introduce
fresh electrolytes into the bottom of the electrolytic compartments. The electrolyte was
regularly replenished to compensate for electrolytic and electroosmotic losses, which
helped neutralize the accumulated anions in the electrolyte and regulate the pH of the
electrolyte. Throughout the experiment, the pH of the anolyte and catholyte was measured
every three hours. Current data from the multimeter were recorded, and the electroosmotic
flow was measured every 12 h. The cathodic and anodic waste liquid was collected into
storage bottles daily, and the concentration of Pb in the liquid was measured using an
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atomic absorbance spectrometer. After ECT, soil samples labeled S1, S2, S3, S4, and S5 were
extracted. These soil samples were naturally dried for subsequent testing. The removal
efficiency of lead in the soil was determined using Formula (1) [37]:

Rave =
∑n

k=1 (C ini − Csk)/Cini

n
∗ 100% (1)

where the concentration of the initial soil sample is Cini; the concentrations of S1, S2, S3, S4,
and S5 region are denoted as Csk, with k = 1, 2, 3, 4 and 5; n is the number of sample points
at the same distance to the anode and is 5 in this study.

2.4. Instrumental Analysis

During the ECT process, all ECT experiments were carried out using a DC power
(DP310, MAISITAIKE, Dongguan, China) supply to maintain a constant voltage gradient.
The current intensity during the experiments was measured using a digital multimeter
(DEM12, DELIXI, Wuhu, China). A multi-channel peristaltic pump (BT100-1L, LANGE,
Shanghai, China) was used to supply fresh electrolytes to the electrolytic compartments at
a steady flow rate of 505.4 μL/min. The evaluation of electroosmotic flow was conducted
by connecting graduated cylinders to the cathodic compartment. The pH measurements
of the soil samples and electrolyte were carried out at a temperature of 25 ◦C using a pH
meter (PB-21, SARTORIUS, Gottingen, Germany). Before measurement, calibration of the
pH meter with standard solutions was required. Following the standard for pH, 10 g of dry
soil was blended with 25 milliliters of distilled water and agitated for 5 min. Subsequently,
the suspension was allowed to settle for 30 min, and the pH of the supernatant solution
was measured [38,39]. The total content of Pb in the soil samples was extracted using a
microwave-assisted digestion system with a mixture of HNO3, HF, and HClO4, following
the method described by Carignan and Tessier in 1988 [34]. The concentration of Pb within
soil samples was measured by the X-ray Fluorescence Spectrometer (Soil handheld XRF
Analyzer Explorer 9000, TIANRUI, Kunshan, China). In the measurement process, the soil
samples need to undergo high-intensity pressing for 15 s using a bead machine. During
measurement, it was crucial to ensure the stable placement of the instrument and verify
that the probe had not been contaminated. The concentration of Pb ions in the liquid was
measured by an atomic absorbance spectrometer (A3-AFG-12, PUXI, Beijing, China) [40].
When measuring the concentration of Pb in the solution, it was essential to preheat the
instrument for 20 min. Afterward, the fume hood was opened, and the acetylene gas
ignited. A visual inspection of the flame color was necessary to confirm its normalcy.
Before measurement, calibration of the instrument was mandatory, and blank samples
were set up. The preparation of standard samples should be accurate, ensuring reasonable
concentration levels. Moisture content was determined through thermogravimetric analysis
using an electric vacuum drying oven (GRX-12, SHANGHAIJINGHONG, Shanghai, China)
for 24 h. The electrical conductivity of the soil samples was measured using a soil-to-water
ratio of 1:2.5 and a calibrated conductivity meter (DDS-307A, REX, Shanghai, China) [40].

3. Results

3.1. Electrical Current

Electrical current serves as an important indicator for assessing the movement of ions
within soil pores [4]. All ECT experiments displayed a characteristic pattern of initially
increasing and then decreasing electrical current. Figure 2a reveals that constant voltage
coupled with biochar elicited a high current response. In DCb and DC2b, the peak value
of electrical current appeared relatively early and was higher than in DC0 and PC2b-6 h.
This suggested that the presence of multiple movable ions in biochar increased the overall
number of ions capable of movement in the circuit, while the continuous and stable electric
field generated by direct current accelerated ion movement in the soil. Especially for the
DCb group, the current quickly reached a peak value in a short period, and the peak
value was much higher than other groups. The DCb group used a voltage gradient of
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4 V/cm with biochar. A high voltage gradient significantly increased the current density
in soil pore water in a short period, and the conductive ions inherent in the biochar also
increased the initial current density. A majority of ions in the soil and biochar quickly
migrated to the cathodic region under the influence of a high field strength. This resulted
in a reduction in the quantity of mobile ions in the soil pore water, leading to a significant
downward trend in the current of the DCb group after 12 h [41]. The current stabilizes
when the count of mobile ions remains constant. Figure 2b demonstrates that, initially,
the current peak value exhibited the following order: PCb-6 h > PCb-30 m > PCb-1 m
> PCb-3 s. A prolonged pulse time gradient enabled the continuous energy output for
mobile ions over a specific duration, thereby activating the mobile ions adsorbed on the soil
surface and biochar. The increase in the count of mobile ions results in an augmentation of
current [2,25,42,43]. Lastly, the digital multimeter detected extremely small currents in the
PCb-6 h group and PCb-30 m group during the power outage period. This phenomenon
bore a similarity to the induced polarization method commonly employed in mineral
exploration. The soil, characterized by its moisture content and the presence of heavy
metals, can be considered a polarizable material. The entire soil matrix, in conjunction
with the power source, effectively forms a closed electrical circuit. Notably, when a pulsed
electric field was applied and subsequently turned off, a small electric current continued to
flow within a certain range. This observation signified that when an electric current passed
through, energy was stored within the soil medium. Typically, after the applied electric
field was deactivated, this stored energy was released by maintaining the flow of electric
current [44].

(a) (b) 

Figure 2. Electric current during electrochemical treatment (a,b).

3.2. Electroosmotic Flow

In many studies, it has been observed that the electroosmotic flow (EOF) generally
occurs from the anode to the cathode during treatment when the porous matrix has a nega-
tive surface charge and a low-intensity direct electric current is applied [45]. The principle
of EOF was described by the Helmholtz–Smoluchowski theory. The electroosmotic flow
rate qeo [m3/s] is calculated using Equation (2) [7,46]:

qeo = keo Iσ (2)

where keo ((m2/s)/V) is the electroosmotic permeability coefficient, I is the electric current,
and σ is the conductivity (Siemens/cm).

As shown in Figure 3a, the electroosmotic flow in DO0 exhibited a sharp increase,
reaching a significantly high value of 2499 mL compared to other groups. The observed
sequence of electroosmotic flow was DO0 > DCb > DC2b > PC2b-6 h, indicating that high
electroosmotic flow could be generated under two conditions: a voltage gradient of 4 V/cm
and a constant voltage power supply. In Figure 3b, during the initial stages, there was a
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slower rise in electroosmotic flow in the PCb-3 s group and PCb-30 m group compared
to the other groups. This phenomenon can be inferred as a result of the rapid increase in
current during the early stage, causing an acceleration in the electroosmotic flow. From
36 h to 65 h, the electroosmotic flow in the PCb-3 s group exhibited a small fluctuation,
initially increasing and then decreasing. This was because the electroosmotic flow showed
a reversal during the ECT process [47]. Based on the current trends, it could be inferred
that the soil surface potential changed from negative to positive, which further contributed
to the reversal of the electroosmotic flow under higher applied voltage [4,48]. Additionally,
the intermittent interruption of the electric current during this period led to the cessation
of electroosmotic flow. After 65 h, the electroosmotic flow gradually increased, and the
electroosmotic flow rate followed the order of PCb-1 m > PCb-3 s > PCb-30 m > PCb-6 h. The
underlying cause of this phenomenon can be explained by the trend in current distribution.
When the current intensity was high, it led to reverse electroosmotic flow, which means
that electroosmotic flow occurred from the cathode to the anode. However, the overall
current trend consistently exhibited a prevailing anode-to-cathode flow tendency, which
was more pronounced than the counterflow of electroosmotic fluid. Consequently, this
caused a higher electroosmotic flow in the PCb-1 m group compared to the PCb-30 m and
PCb-6 h groups. In contrast, the overall current intensity in the PCb-3 s group was weaker
than that in the PCb-1 m group, resulting in a lower electroosmotic flow in the PCb-3 s
group compared to the higher electroosmotic flow in the PCb-1 m group.

 
(a) (b) 

Figure 3. Electroosmotic flow during electrochemical treatment (a,b).

3.3. Moisture Content of Treated Soil

The moisture content of treated soil is a crucial factor in facilitating electromigration
and electroosmosis, which are important mechanisms for the migration of heavy metals
during the ECT process [49]. A previous survey indicated that the migration of heavy
metals could occur when the soil moisture content in the treatment device exceeds 15% [48].
Changes in the moisture content of the treated soil in different regions of the experiment
are shown in Figure 4a–e. The initial soil moisture content was 27.4%. In the presence of
constant voltage power (DC0, DCb, DC2b) at 204 h, the variation in moisture content of
treated soil was influenced by the processing time, voltage gradient, and the presence of
biochar. Biochar has a water-buffering capacity and absorbs some water from adjacent
soil areas. It also acts as a barrier to water molecules, limiting their penetration into
the soil area. As a result, the soil moisture content of the DCb with biochar was lower
than DC0. Furthermore, the generation of high electroosmotic flow, which was driven
by a high voltage gradient, led to the transfer of moisture from the soil to the catholyte
compartment. This was one of the reasons why the soil moisture content of DC2b was
higher than that of DCb. The soil moisture content of DC0-S at 72 h of treatment time
exhibited inhomogeneous distribution characteristics compared to DC0 due to the short
processing time and incomplete physical and chemical reactions. Additionally, from the
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distribution of moisture content in the treated soil for DC2b and PC2b-6 h, it could be
observed that the influence of the power supply type on the moisture content of treated
soil was not significant under a voltage gradient of 2 V/cm. This phenomenon might be
attributed to the comparatively lower voltage gradients in the DC2b and PC2b-6 h groups
in comparison to the other groups. When the applied voltage was low, the electroosmotic
flow rate within the soil pores tended to be more gradual, resulting in fewer concentration
and polarization effects. Consequently, this led to a more consistent distribution of soil
moisture content after treatment, with no significant variations.

 
(a) (b) (c) 

 
(d) (e)  

Figure 4. Moisture content of treated soil (a–e).

3.4. Electrolyte pH

Figure 5a–d illustrates the pH variation of the anolyte and catholyte. Numerous
studies have investigated the impact of electrolyte pH during the ECT for treating con-
taminated soil [50]. Generally, in the absence of acidic additives for pH control, the
electrolytic reaction in the ECT device leads to different levels of pH at each end of the soil
compartment. The catholyte exhibits an alkaline pH, while the anolyte shows an acidic
pH [51]. This difference in pH is caused by hydrolysis, which involves the generation of
hydroxide ions at the cathode (2H2O + 4e− → 2H2(g) ↑ +4OH− ) and hydrogen ions at
the anode (2H2O − 4e− → O2(g) ↑ +4H+ ) [37]. Figure 5a,c presents the pH distribution
of the anolyte over time for all electrochemical experiments. Initially, the pH of the anolyte
decreased and then increased, ultimately stabilizing within a narrow range from 1.83 to
4.08. During the initial period of power on, the anolyte pH of the DCb, DC2b, PCb-1 m,
PCb-30 m, and PCb-6 h experienced a significant decrease, which corresponded to the
increased production of hydrogen ions when the current intensified. In Figure 5b,d, it could
be observed that the pH of the catholyte of the DCb group and PCb-6 h group reached the
highest value of pH at 12 h and 7 h, respectively, aligning with the enhanced production of
hydroxide ions when the current substantially increased.

3.5. Soil pH and Soil Conductivity

The soil pH variation after ECT is depicted in Figure 6a,b. Initially, the soil pH of the
Pb-contaminated soil was 5.77. After ECT progress, the soil samples were divided into five
sections, labeled S1 to S5, based on their distance from the cathode. In Figure 6a, it can be
observed that the pH of treated soil remained stable throughout the entire zone, ranging
from 4.71 to 5.35. This stability was attributed to the adjustment of catholyte pH using a
0.3 mol/L acetic acid solution. The hydrogen ions provided by the acetic acid neutralize the
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hydroxide ions produced in the catholyte during electrolysis. Furthermore, the hydroxide
ions generated in the middle of the soil combine with the hydrogen ions produced at the
anode, resulting in a decrease in soil pH. This, in turn, led to a more uniform distribution
of pH throughout the entire soil region. Figure 6b demonstrates the distribution of soil pH
from S1 to S5 across the four experimental groups of pulse voltage. In the PCb-1 m and
PCb-6 h treatment, the soil pH range fell between 5.04 and 5.97. In the PCb-3 s and PCb-30
m treatments, the soil pH range was between 4.51 and 5.11.

 
(a) (b) 

(c) (d) 

Figure 5. Electrolyte pH during electrochemical treatment (a–d).

 
(a) (b) 

Figure 6. Soil pH of treated soil and initial soil pH (a,b).
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In Figure 7a,b, the conductivity of soil after the ECT is illustrated. The initial conduc-
tivity of the soil was 86.45 μs/cm. Except for the PCb-6 h treatment, which had a high
value in the S5 region, the distribution of electrical conductivity in the treated soil was
homogeneous. In the experiments of pulse voltage at 204 h, the electrical conductivity
ranged from 8.6 μs/cm to 25.75 μs/cm. The conductivity of the soil was influenced by
the presence of conductive ions. The addition of acetic acid as the catholyte neutralizes
hydroxide ions in the soil through diffusion, promoting the desorption of soluble ions that
were adsorbed on the soil surface [4,40,52]. These ions then migrate to different soil areas
under the influence of the electric field, resulting in a decrease in conductive ions in the soil.
However, there were significant differences in the distribution of electrical conductivity
in the treated soil of the DC0-S. Based on these observations, it could be concluded that
the short electric treatment time affected the chemical and physical reactions of various
substances in the soil. When the treatment time was short, these reactions could be incom-
plete, leading to inconsistencies in the distribution pattern of electrical conductivity across
different soil regions.

(a) (b) 

Figure 7. Conductivity of treated soil after electrochemical treatment (a,b).

3.6. Residual Content of Pb in Collected Catholyte

Since Pb ions primarily migrate to the cathode through electromigration and elec-
troosmotic flow, the monitoring of Pb ions was carried out in the catholyte, while the
content of Pb ions in the waste liquid discharged from the anolyte compartment was not
detected. Figure 8a illustrated the trends in the content of Pb ions in the catholyte during
the treatment of constant voltage. Initially, a substantial number of Pb ions were discharged
from the soil on the first day, followed by a slow migration in the DC0-S and DC0 treatment.
On the other hand, the voltage gradient had a slightly positive effect, with the content of Pb
ions in the catholyte being higher under a voltage gradient of 4 V/cm compared to 2 V/cm
during the early stages of the experiment. In the pulse voltage systems, the trends in the
content of Pb ions in the catholyte discharge liquid differed from those in the constant
voltage systems. The initial content of Pb ions in the catholyte was low, and only trace
amounts were discharged after the third day in the PC2b-6 h group. Figure 8b demonstrates
that the PCb-6 h group reached the peak of Pb ion release two days earlier than the PCb-30
m group. However, the overall trend was to increase first and then decrease. The results
revealed that the PRB had a notable and negative effect on the cumulative content of Pb
ions in the catholyte. The biochar material utilized in the PRB effectively adsorbed Pb
ions, impeding their migration from the PRB compartment to the catholyte [53,54]. These
findings highlighted the significant impact of the PRB on the migration of Pb ions from the
PRB compartment to the catholyte compartment. The presence of the PRB impeded the Pb
ions movement, causing them to accumulate in the PRB and be gradually released over
time. Furthermore, the voltage gradient also played a role in influencing the content of Pb
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ions in the catholyte. The specific mechanisms behind these observations require further
analysis and investigation.

 
(a) (b) 

Figure 8. Residual Pb ion content (mg) in collected catholyte over time (day) (a,b).

3.7. Removal Efficiency of Pb

The removal efficiency of Pb is affected by various experimental conditions [7,47,55,56].
The experiment investigated five variable conditions, including the type of power supply
(constant voltage or pulse voltage), the presence of a PRB made of biochar, different voltage
gradients, different treatment times, and different interval periods of pulse voltage. The
experimental results in Figure 9a present the average removal efficiency of Pb from soil.
Firstly, it was observed that the average removal efficiency of Pb in the continuously
energized group with constant voltage (DC2b) and the group subjected to pulse voltage
(PC2b-6 h) with a 6 h interval period was essentially the same. The mechanism of Pb
migration facilitated by biochar as a PRB was analyzed by comparing the features observed
in DC0 and DCb. In general, biochar not only adsorbed migrated Pb ions but also enhanced
the current intensity in the soil circuits. This increased current intensity promoted the
migrated rate of Pb, resulting in a higher removal efficiency for the DCb group compared
to the DC0 group. Furthermore, when biochar was combined with a voltage gradient
of 4 V/cm, the DCb group exhibited higher removal efficiency for Pb compared to the
DC2b group, which operated under a voltage gradient of 2 V/cm. Previous research
has shown that long-term treatment is beneficial for improving the removal efficiency
of heavy metals [57]. In this study, the removal efficiency of DC0 was 17% higher than
that of the corresponding group with short treatment times (DC0-S). Furthermore, the
removal efficiency of Pb was remarkably high at a higher voltage gradient of 4 V/cm
and a treatment time of 204 h, using biochar as the PRB in the DCb, PCb-3 s, PCb-1 m,
PCb-30 m, and PCb-6 h groups. The corresponding removal efficiency for these groups was
94.1%, 89.5%, 91%, 92.9%, and 91.9%, respectively. There were differences in the average
removal efficiency among the PCb-3 s, PCb-1 m, PCb-30 m, and PCb-6 h groups in the
pulse voltage system. Specifically, the average removal efficiency of Pb in the PCb-1 m,
PCb-30 m, and PCb-6 h groups was 1.5%, 3.4%, and 2.4% higher, respectively, than that of
the PCb-3 s group.

The removal efficiency of Pb in each soil region from S1 to S5 is presented in Figure 9b.
In the S1 region of soil, the removal efficiency of Pb exceeded 97% in the groups at a
treatment time of 204 h. The removal efficiencies of the nine experimental groups from S1
to S5, were high, surpassing 80%. Notably, the removal efficiency of the S5 region was a
crucial factor that influenced the average removal efficiency. In the S5 region of the DC0-S
groups, there was a noticeable inflection point, attributed to the difference in ECT duration.
Most experimental groups underwent a 204 h ECT, whereas the DC0-S group had a shorter
treatment duration of 72 h. Unlike the other experimental groups, applying a high voltage
gradient over a shorter treatment period caused mobile charged ions within the soil to
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move in the opposite direction of the electrical current within the soil pores. Specifically,
positively charged lead ions migrated toward the cathode direction, leading to their gradual
accumulation in the S5 region. However, the shorter treatment duration was not conducive
to the lead ions in the S5 region migrating into the catholyte compartment, resulting in
a significant accumulation of lead ion within the S5 region. This observation suggests
that the system of pulse voltage was effective in desorbing heavy metal ions from the soil
surface; the brief power-off period in the system of pulse voltage reduced the polarization
effect in the soil [4,38,58,59]. Consequently, it allowed the acid ions from the catholyte to
gradually diffuse toward the middle of the soil within the fluid present in the soil pores.
This diffusion process was beneficial for decreasing the alkalinity in the portion of the soil
middle and facilitated the desorption and migration of lead, which was adsorbed on the
soil surface, towards the catholyte during the subsequent cycle of the electric field.

(a) (b) 

Figure 9. The average removal efficiency (%) of Pb in soil and the removal efficiency (%) of Pb in
each soil region (a,b).

3.8. Electrical Energy Consumption

The electrical energy consumption can be calculated based on the applied current,
voltage, and cross-sectional area of the soil in the vertical current direction. The calculation
formula is as follows [60]:

E =
1
Vs

∫
UI dt (3)

where E is the energy consumption per unit volume of soil (kWh/m3), Vs represents the
soil volume (m3), U represents the voltage (V), I represents the current (A), and t represents
the treatment time (h).

The energy consumption and lead removal efficiency in all experiment groups are
presented in Table 4. The electrical energy consumption during ECT using corn straw
biochar as a PRB system is shown in Figure 10a,b. In Figure 10a, the energy consumption
of the DC0-S, DC0, DCb, DC2b, and PC2b-6 h groups was 99.6 kWh/ m3, 213.9 kWh/m3,
563.2 kWh/m3, 133.5 kWh/m3, and 68.4 kWh/m3, respectively. The DCb group was
significantly higher than the other experiments. This was likely due to the high electric
current observed in the group with a high voltage gradient and biochar used as PRB
under constant voltage. This indicated that a high voltage gradient and treatment time
were important factors, contributing to high energy consumption. It is noteworthy that in
Figure 10a, the PC2b-6 h group exhibited lower energy consumption compared to the DC2b
group. The result suggests that the interval of power outage in the experiment reduced
the effective treatment time, which was beneficial for reducing energy consumption. As
shown in Figure 10b, the energy consumption of PCb-6 h, PCb-30 m, PCb-1 m, and PCb-3 s
was 296 kWh/m3, 271.6 kWh/m3, 197.9 kWh/m3, and 177.6 kWh/m3. The order of energy
consumption in the experimental group was as follows: PCb-6 h > PCb-30 m > PCb-1 m >
PCb-3 s. Compared to the traditional experiment (DCb) using a constant voltage coupled
with PRB for treatment of Pb-contaminated soil, the groups using pulse voltage power,
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including PCb-3 s, PCb-1 m, PCb-30 m, and PCb-6 h, reduced energy consumption by
68.5%, 64.9%, 51.8%, and 47.4%, respectively.

Table 4. The removal efficiency of Pb (%) and energy consumption in all experiment groups.

Exp. S1 (%) S2 (%) S3 (%) S4 (%) S5 (%)
Average Removal

(%)
Energy Consumption

(kWh/m3)

DC0-S 91.5 90.2 88.9 87.9 −3.4 71 99.6
DC0 97 90.9 88.6 86.9 76.6 88 213.9
DCb 97.6 97.4 96.5 94.6 84.4 94.1 563.2

DC2b 98.1 89.9 87.8 82.8 59.2 83.6 133.5
PCb-3 s 97.6 90.6 90.4 88.8 80.2 89.5 177.6
PCb-1 m 97.4 91.6 90.1 88.8 86.9 91 197.9
PCb-30 m 98.4 94.9 91.3 91.1 88.9 92.9 271.6
PCb-6 h 97.9 91.7 91.3 91.4 87.5 91.9 296

PC2b-6 h 97.4 90.2 88.3 86.4 51.1 82.7 68.4

The soil sample region was delineated by the distance from the anode toward the cathode, designated as S1, S2,
S3, S4, and S5.

 
(a) (b) 

Figure 10. Electric energy consumption during electrochemical treatment (a,b).

The utilization of the pulse voltage involved integrating different electrodynamic
enhancement technologies [61–64], such as the addition of acetic acid in the catholyte,
the establishment of a PRB, and the application of a voltage gradient of 4 V/cm. These
approaches collectively aimed to reduce the polarization effects that typically occur in the
traditional ECT [13,40,43,59]. Through this process, they enhanced the outcomes in Pb
removal by stimulating the desorption of Pb from the soil surface. Moreover, these methods
aided in reducing the electrical conductivity of soil.

4. Conclusions

This study confirmed the high efficiency of the PECT system coupled with the PRB
in lead removal from soil. The LREs were found to be 89.5% (PCb-3 s), 91% (PCb-1 m),
92.9% (PCb-30 m), and 91.9% (PCb-6 h), with particularly remarkable results in the S1
region, where removal efficiency reached 97%. Furthermore, under the same pulse duty
cycle conditions, shorter pulse time gradient in seconds and minutes (3 s ON/3 s OFF
and 1 min ON/1 min OFF) demonstrated lower current requirements during the ECT
process, resulting in reducing energy consumption. Specifically, energy consumption
in the experiments for PCb-3 s, PCb-1 m, PCb-30 m, and PCb-6 h was 177.6 kWh/m3,
197.9 kWh/m3, 271.6 kWh/m3, and 296 kWh/m3, which represented a significant reduction
when compared to the constant voltage coupled with PRB experiment (DCb), where
energy consumption reached as high as 563.2 kWh/m3 under some voltage gradients.
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Consequently, the energy consumption was reduced, with percentage decreases of 68.5%,
64.9%, 51.8%, and 47.4%, respectively.

In contrast to previous PECT methods for treating lead-contaminated soil, the present
research revealed that the PECT system coupled with PRB, designed with shorter pulse time
gradients, effectively achieved high LRE while significantly reducing energy consumption
and shortening the treatment duration. Additionally, concerning the treatment of secondary
pollution introduced by the catholyte, the study highlighted the effective adsorption
capabilities of corn straw biochar. The temporal evolution of lead content in the catholyte
indicated that the optimal time to replace biochar falls within the first days of pulse
treatment.

In summary, the present data provided an innovative ECT method for lead-contaminated
soil, offering high removal efficiency, lower time requirements, and energy savings. How-
ever, further research is necessary to investigate the optimal strategies for remediating
different soil types and using modified biochar to achieve maximal adsorption of lead ions
from the catholyte.
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Abstract: At present, the pollution of arsenic (As) and lead (Pb) is becoming increasingly serious. The
pollution caused by the release of As and Pb from lead–zinc mines has seriously affected the water
and soil environment and threatened human health. It is necessary to reveal the release characteristics
of As and Pb. The actual scene of mine drainage (MD) and rainwater (RW) leaching waste rocks
is the one of the main reasons for the release of As and Pb. However, the leaching behavior of As
and Pb in these waste rocks under MD and RW suffered from a lack of in-depth research. In this
study, we investigated the occurrence of As and Pb in waste rocks (S1–S6) by using X-ray diffraction
(XRD) and time-of-flight secondary ion mass spectrometry (TOF-SIMS), and then, the changes in
As and Pb concentration and the hydrochemical parameter in leaching solution were systematically
studied. Furthermore, the correlation between the release of As and Pb and mineral composition
was also evaluated. Results showed that these waste rocks were mainly composed of carbonate
and sulfide minerals. As and Pb were mainly bounded or associated with sulfide minerals such
as arsenopyrite, pyrite, chalcopyrite, and galena in these waste rocks, and small parts of As and
Pb were absorbed or encased by clay minerals such as kaolinite and chlorite. Under MD and RW
leaching, the pH, redox potential (Eh), and electric conductivity (EC) of each waste rock tended to be
consistent due to their buffering ability; the leachate pH of waste rocks with more carbonate minerals
was higher than that of sulfide minerals. Both As and Pb were released most under MD leaching in
comparison to RW, reaching 6.57 and 60.32 mg/kg, respectively, due to MD’s low pH and high Eh
value. However, As in waste rock released more under alkaline conditions because part of the arsenic
was in the form of arsenate. As and Pb release were mainly positively correlated with the proportions
of sulfide minerals in these waste rocks. MD leaching significantly promoted the release of As and Pb
from waste rocks, which would cause a great threat to the surrounding environment, and control
measures were imperative. This paper not only reveals the As and Pb pollution mechanism around
the lead–zinc mining area but also provides a theoretical basis for the prevention and control of As
and Pb pollution in the future.

Keywords: waste rock; lead–zinc mine; toxic metal(loid)s; occurrence characteristics; leaching behavior

1. Introduction

Non-ferrous metal minerals resources are indispensable and play an important role in
economic development [1]. In the process of the exploitation of mineral resources, a large
amount of mining waste rock has been produced [2]. According to the report on National
Mineral Resources Conservation and Comprehensive Utilization (2020) issued by the Ministry
of Natural Resources of the People’s Republic of China, the stripping ratio of non-ferrous
metal minerals ranged from 2.14 to 10.86 t/t in 2018 [3]; this means that a large number of
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mining wastes including tailings and waste rocks will be generated, although part of them
can be used as resources. In the absence of strict environmental control, the weathered
oxidation of these wastes will produce acid mine drainage (MD). Acid MD will lead to
toxic metal(loid) pollution, posing a threat to the surrounding environment and human
health [4].

Lead–zinc minerals are important non-ferrous metal mineral resources, being mostly
distributed in parts of southern China such as the Yunnan, Hunan, and Fujian provinces [5].
The toxic metal(loid) pollution of lead–zinc mine areas usually contains Pb, As, Cd, Cr,
Cu, Zn, and Ni [6–8]. Among these toxic metal(loid) elements, the most serious pollutants
are As and Pb [9,10]. For example, Chenzhou is a typical lead–zinc mining area in Hunan
Province, and the total concentrations of As and Pb in the soil of an abandoned lead–
zinc mine in this area could reached up to 84.85 and 802.58 mg/kg, respectively, which
were far beyond the national risk control values for development land soil [11]. Inner
Mongolia is an important non-ferrous metal-producing area in northern China; both As
and Pb in the soil around a typical lead–zinc mine in Chifeng, Inner Mongolia, China
are seriously polluted, and the concentrations of As and Pb were found to be 82 and
600 mg/kg, respectively [12,13]. In Nigeria, Pb pollution in agricultural soil around the
Ishiagu lead–zinc mining mine was serious, and the total concentration of Pb could reach
up to 5305.5 mg/kg [14]. The pollution of As and Pb in the soil surrounding the lead–zinc
mining area in northern Turkey was also serious and their concentrations surprisingly
reached 1171 and 3725 mg/kg, respectively [15]. Therefore, it is urgent to study the release
characteristics of As and Pb in the mining wastes at lead–zinc mines, which is of great
significance for its environmental impact assessment and pollution control.

Usually, mining wastes are common toxic metal(loid)s bearing matrices that occur
at lead–zinc mining sites [16]. The leaching behaviors of toxic metal(loid)s in different
kinds of mining wastes are different due to the differences in the processing process [17].
For example, finer tailings have a larger contact area than the coarser characteristics of
waste rocks, which makes it easier for them to oxidize and release toxic metal(loid)s [18,19].
Due to the tailings having a greater tendency to release toxic metal(loid)s than waste
rocks, many studies have investigated their environmental risk, mobility, and safe disposal
at present [20–22]. However, they found that tailings in most mining sites were often
deposited in ponds to prevent seepage, and waste rocks were usually neglected and
stored in open sites [3,23]. The pollution of As and Pb in waste rocks could also not be
ignored. For example, the pollution of As and Pb in the soil of a lead–zinc mine in northern
Guangxi, China mainly came from the mining waste rocks [24]. The waste rocks from
underground polymetallic mines in Balya, Turkey caused a high concentration of As and
Pb pollution in the Kocacay River during the wet season [25]. Due to the different net acid
generation levels, redox reactions, and interfacial activity of toxic metal(loid)s in waste
rocks, the environmental hazards caused by toxic metal(loid)s were also different. At
present, only a few studies have investigated the release of toxic metal(loid)s from waste
rocks. Therefore, the release behavior of toxic metal(loid)s in waste rocks at lead–zinc mines
is worth exploring.

In past studies, laboratory static leaching tests and dynamic tests were commonly
used to evaluate the release characteristics of toxic metal(loid)s in mining wastes [26–28].
Leaching solution pH, waste particle size, and solid–liquid ratio in the reaction system
were the most studied factors influencing the release behavior of toxic metal(loid)s in
mining wastes [29–31]. MD and rainwater (RW) were the most common media solutions
that waste rocks were exposed to in mining areas. To reveal the oxidative dissolution
behavior of waste rocks under MD and RW leaching, most studies have simulated RW
and MD by using deionized water or acid solutions (nitric acid, acetic acid, sulfuric acid,
hydrochloric acid) to leach waste rocks. The results have shown that all of them promoted
the release of toxic metal(loid)s [32–34]. Using synthetic RW and acid MD as a leaching
solution could partly reflect the oxidative dissolution of wastes in mining sites. However,
the hydrochemistry of actual MD and RW is rather different from that of a simulation,
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leading to influencing the release of As and Pb in waste rocks. It is necessary to select
MD and RW that exist in an actual scenario to explore the leaching behavior of As and Pb.
Thus, a representative lead–zinc mine in Shanggao County, Jiangxi Province, China was
investigated in this study and six waste rock samples were collected from this mine. The
objective of this study was to analyze the release characteristics of As and Pb from waste
rocks under MD and RW leaching using an inductively coupled plasma optical emission
spectrometer (ICP-OES), time-of-flight secondary ion mass spectrometry (TOF-SIMS), and
X-ray diffraction (XRD) and investigate the correlation between the release of As and Pb
and the mineral components in the waste rocks through redundancy (RDA) analysis.

2. Materials and Methods

2.1. Chemicals

NaOH used in preparing the alkaline leaching solution was analytically pure and
purchased from Sinopharm Chemical Reagent Co., Ltd, Shanghai, China. pH standard
buffers (4.00, 6.86, and 9.18) used for pH meter calibration were obtained from Shanghai
Lei Ci Co., Ltd, Shanghai, China. Electric conductivity (EC) standard solution (1413 μS/cm)
used for EC meter calibration was provided by Mettler Toledo, Co., Ltd, Shanghai, China.
The water for solution preparation was high-grade purified water (18.25 Ω/cm) prepared
by Elga Purelab Chorus2, Lane End, High Wycombe, the UK.

2.2. Waste Rock Sample Collection and Pretreatment

The waste rocks used in this study were obtained from a lead–zinc mining area in Shang-
gao County, Jiangxi Province, China (114◦52′30′′–114◦55′00′′ E, 28◦09′00′′–28◦10′50′′ N).
According to the stacking time and waste rock type, six kinds of waste rock named S1–S6
were obtained from this mine. The overview sampling information is shown in Figure 1.
After transporting samples to the laboratory, all waste rock samples were crushed and
ground and then passed through 10-mesh (2.000 mm), 100-mesh (0.147 mm), and 200-mesh
(0.074 mm) sieves. Then, these samples were sealed in zip-locked bags and stored in 4 ◦C
refrigerator for later characterizations and leaching experiments.

2.3. Characterizations

The morphologies and element distributions of 10–mesh samples were analyzed by
using scanning electron microscope (SEM, JEOL, JSK-6490LV, Tokyo, Japan) and X-ray
spectrometer (EDS, EDAX, NEPTUNE TEXS HP, CA, USA) at a voltage of 20 kV [35].
Moreover, the element distributions of these samples were further exanimated using TOF-
SIMS (ULVAC-PHI Inc., PHI nano TOF II, Kanagawa, Japan) at a voltage of 30 kV and an
ion current of 2 nA [36]. Samples of the 200-mesh type were used for mineral composition
measurement by using XRD (Bruker, D8 ADVANCE, Karlsruhe, Germany) with CuKa
radiation (λ = 1.5406 nm) at a voltage of 40 kV and a current of 50 mA [37] The chemical
compositions of samples were measured by using X-ray fluorescence spectrometer (XRF,
Bruker, S4 Pioneer, Karlsruhe, Germany) with an accuracy of 0.02% and a limit of detection
(LOD) of 0.5 mg/kg [38]. Samples of the 100-mesh type were digested by lead nitrate
and acetic acid buffer solution (pH = 5) and then we detected the sulfate–sulfur through
ethylene diamine tetra acetic acid titration [39]. The total carbon and sulfur determination
of samples were investigated by using carbon sulfur analyzer (LECO, CS600, San Jose, CA,
USA); the relative standard deviation (RSD), limit of blank (LOB), and limit of quantitation
(LOQ) of total carbon and total sulfur were 0.5%, 0.3 mg/kg, and 0.6 mg/kg, respectively
for both [40,41]. The content of sulfide–sulfur in samples was the difference between total
sulfur and sulfate–sulfur [42].
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Figure 1. Location of the mining site and sampling overview. S1, S2, S3, S4, S5, and S6 were the six
waste rock samples.

2.4. Batch Leaching Tests

The leaching solutions including MD and RW were also collected from the lead–zinc
mining area. In order to set up a comparison experiment, an alkaline leaching solution
(AS) was prepared by adjusting the pH value of deionized water with NaOH. The solution
chemical parameters of MD, RW, and AS are shown in Table 1. The leaching experiment
was set as follows: 50 g of waste rocks (10-mesh) was added into MD, RW, and AS in
conical flasks, and the liquid–solid ratio (mL/g) was set to 10:1. Then, the conical flasks
were shaken at 25 ◦C and 180 r/min for 15 d in a vertical temperature oscillation incubator
(Tianjin Lai Bo Terry Instrument Equipment Co., ZQPL-200, Tianjin, China). Samples were
taken at 0.5, 1, 2, 3, 4, 6, 9, and 15 d, respectively. After static sedimentation, the leachates
were provided to examinate the hydrochemistry parameters including the values of pH,
redox potential (Eh), and EC and the total concentrations of As and Pb. The pH value
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was measured by using a digital pH meter (Leici, PHS-3E, Shanghai, China) according to
standard procedure NY/T 1121.2−2006 [43]; the accuracy of this pH meter was 0.01 [43].
The Eh value was determined by using the digital pH meter (Leici, E-301-F, Shanghai,
China) and Ag/AgCl electrodes with Pt electrodes according to standard procedure HJ
746−2015 [44]; the accuracy values of this pH meter and Ag/AgCl electrodes with Pt
electrodes were 0.01 [44]. The EC value was exanimated by using conductivity meter
(Mettler Toledo, FiveEasy Plus FE38, Zurich, Switzerland) based on HJ 802−2016 [45]; the
accuracy of this conductivity meter was 0.1 [45]. The measurement of the total concentration
of As and Pb was conducted with an ICP-OES (PerkinElmer, Avio500, Waltham, MA, USA);
the ICP-OES had an accuracy of 0.001 mg/L. The RSD, LOB, and LOQ of As detected
by ICP-OES were 0.5%, 0.053 mg/L, and 0.056 mg/L, respectively; these values for Pb,
determined by ICP-OES, were 0.5%, 0.090 mg/L, and 0.091 mg/L, respectively [46].

Table 1. Initial chemical parameters of leaching solutions. MD is ‘mine drainage’, RW is ‘rain water’,
AS is ‘alkaline solution’, Eh is ‘redox potential’, and EC is ‘electric conductivity’.

Chemical Parameter MD RW AS

pH 3.24 7.63 12.00
Eh (mV) 495.67 170.00 −54.67

EC (μS/cm) 443.23 780.90 919.63
As N.D. N.D. N.D.
Pb N.D. N.D. N.D.

N.D.: Not detected.

2.5. Statistical Analysis

Statistical analyses were performed using Excel 2021 in Microsoft 365 (Office). All
graphs were plotted by using Origin 2021b [43]. RDA analysis was performed and plotted
by base R package vegan (v. 2.5.7) from R (v. 3.6.3). The release amount of As and Pb was
calculated as follows: Cm = (C × V)/m. Here, Cm is the release amount (mg/kg), C is
the concentration of As and Pb in leaching solutions (mg/L), V is the leaching solution
volume (L), and m is the mass of waste rocks used for leaching (kg). To ensure the accuracy
and precision of the determination, quality assurance (QA) protocol was followed via
the utilization of a blank test and repeating the experiment three times. To ensure the
quality control (QC), accuracy of ICP-OES determination of As and Pb concentrations was
controlled by using standard solutions of As and Pb (0.1, 0.2, 0.5, 1, 5, 10, 20, and 100 mg/L)
to recommend standard curve (R2 ≥ 0.999). We used 100 mg/L standard solutions of
As (GSB 04−1714−2004) and Pb (GSB 04−1742-2004) [47]. The results showed that the
concentrations of standard As and Pb solutions were 100.21 and 99.94 mg/L, respectively.
To check the pH of the solutions, the 4.00 buffer was determined using a corrected pH meter,
which gave a result of 3.99. To check the EC of the solutions, an EC buffer of 1413 μS/cm
was determined using a calibrated EC meter, which gave a result of 1413 μS/cm. All data
were recorded three times.

3. Results and Discussion

3.1. Mineral Component of Waste Rocks

The XRD patterns of the waste rocks and the proportions of identified minerals are
shown in Figure 2. As shown, the mineral component of waste rocks could be classified
into five categories: (i) sulfide minerals, including pyrite (FeS2), chalcopyrite (CuFeS2),
sphalerite (ZnS), and galena (PbS); (ii) sulfate minerals such as gypsum (CaSO4); (iii) car-
bonate minerals, including dolomite [CaMg(CO3)2], ferro-dolomite [Ca(Mg,Fe)(CO3)2],
siderite (FeCO3), and calcite (CaCO3); (iv) secondary clay minerals, including kaolinite
[Al4(Si4O10)(OH)8] and chlorite [Y3(Z4O10](OH)2·Y3(OH)6. Y: Mg2+, Fe2+, Al3+, Fe3+. Z:
Si4+ or Al3+]; and (v) primary aluminosilicates and silicate minerals, including quartz
(SiO2), feldspar (KAlSi3O8, NaAlSi3O8, and CaAl2Si2O8), and mica [KAl2(AlSi3O10)(OH)2].
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Figure 2. XRD spectra of waste rocks (a) and their mineral proportion (b).

As and Pb are often associated with sulfide minerals and are easily released in acid
MD by the oxidation and weathering of waste rocks [48]. The acid production abilities of
sulfide minerals were different. Arsenopyrite, pyrite, and chalcopyrite (leachate pH = 1.68,
1.82, and 2.73, respectively) had higher acid production ability, whereas sphalerite and
galena (leachate pH = 4.32, and 4.07, respectively) had lower production ability [49]. As
shown in Figure 2b, S4 and S5 were mainly composed of sulfide minerals. Their proportion
reached 61.2 and 62.5%, respectively. However, the proportions of sulfide minerals in S1,
S2, S3, S6 were only 2.5, 18.0, 0, and 11.5%, respectively. This indicated that S4 and S5 had
higher acid production ability than other waste rocks, and As and Pb were more easily
released in these waste rocks through oxidation and dissolution.

Carbonate mineral and siliceous minerals in the waste rocks can neutralize acid
produced by the sulfide mineral oxidation [50]. It has been reported that the waste rocks
without carbonate minerals have a greater potential to produce high concentrations of
metal(loid)s than those containing carbonate minerals after acid MD leaching [51]. As
shown in Figure 2b, the proportions of carbonate minerals in S1, S2, S3, S4, S5, and S6
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were 76.6, 78.4, 98.0, 32.4, 17.2, and 37.9%, respectively. S1, S2, and S3 contained more
carbonate minerals than S4, S5, and S6. This suggested that S1, S2, and S3 had stronger
acid neutralization ability, potentially resulting in reducing the production of MD and the
release of As and Pb. Clay minerals have the ability to absorb or encapsulate metal(loid)
ions including As and Pb [52]. It has been reported that clay could absorb As via ligand
exchange and electrostatic adsorption and absorb Pb through competitive adsorption onto
non-specific sites on the surface of clay [35,53,54]. Figure 2b shows that the contents of clay
minerals in all waste rocks were very low (2.1, 2.1, 0, 3.3, and 3.5%) except in S6 (11.1%).
This meant that As and Pb released in S6 would be re-adsorbed to waste rock through clay
mineral adsorption, leading to a relatively low release amount of S6 [55].

3.2. Chemical Composition of Waste Rocks

The chemical composition of these waste rocks is shown in Table 2. As seen, the
proportions of alkaline oxide including CaO and MgO in S1, S2, and S3 were less than
that in S4, S5, and S6. This suggested that the acid neutralization ability of S1, S2, and
S3 might be lower than that of S4, S5, and S6 due to the hydrogen protons caching the
properties of the alkaline oxides [56]. However, the acid neutralization ability of S1, S2, and
S3 might have been improved due to the higher carbonate mineral contents as shown in
the XRD results (Figure 2). In addition, it had been reported that Fe2O3, Al2O3, and MnO
have adsorption ability to adsorb metal(loid)s including Pb and As [57–59]. The amounts
of Fe2O3 and Al2O3 in S1, S2, and S3 were higher than that in S4, S5, and S6. S1 and S2
contained more Fe2O3, reaching 73.50 and 77.43%, respectively; the content of Al2O3 in
S3 was 22.96%, which was higher than that in the other waste rocks. This indicated that
Ca and Mg of the ferro-dolomite in S1, S2, and S3 were replaced by Fe and Al [60]. As a
result, S1, S2, and S3 had low CaO and MgO content but high Fe2O3 and Al2O3 content.
This suggested that S1, S2, and S3 might have greater adsorption potential for As and Pb.

Table 2. Chemical composition of waste rocks provided. The oxides, As, and Pb were determined
using XRF. Total carbon and total sulfur were determined using a carbon sulfur analyzer. Sulfide–
sulfur was determined through titration. Sulfate–sulfur was calculated using the difference between
total sulfur and sulfide–sulfur.

Chemical
Composition

S1 S2 S3 S4 S5 S6

Na2O 0.11% 0.78% 1.31% N.D. 1.51% N.D.
MgO 2.45% 1.53% 2.88% 17.66% 23.97% 29.44%
Al2O3 4.85% 4.44% 22.96% 6.99% 2.96% 0.62%
SiO2 7.79% 5.70% 32.93% 30.24% 3.87% 3.70%
P2O5 0.07% 0.07% 0.26% 0.06% 0.09% N.D.
K2O 0.06% 0.02% 2.84% 0.17% 0.06% 0.04%
CaO 4.24% 4.05% 7.36% 30.22% 41.41% 56.84%
MnO 0.43% 0.23% 0.79% 0.70% 1.69% 0.57%
Fe2O3 73.50% 77.42% 23.82% 8.82% 1.13% 4.83%

As 0.02% 0.03% N.D. 0.03% 0.04% 0.06%
Pb 0.33% 1.99% 0.03% 0.51% 0.71% 0.34%

Total carbon 6.75% 8.66% 10.80% 1.55% 0.71% 3.56%
Total sulfur 1.42% 42.54% 0.17% 48.60% 49.92% 3.78%

Sulfide–sulfur 1.01% 41.23% 0.01% 47.40% 46.14% 2.29%
Sulfate–sulfur 0.41% 1.31% 0.16% 1.20% 3.78% 1.49%

N.D.: Not detected.

The total carbon content values of S1, S2, and S3 (6.75–10.80%) were higher than those
of S4, S5, and S6 (0.71–3.56%). This indicated that S1, S2, and S3 contained more carbonate
minerals, which was consistent with the XRD results as shown in Figure 2. The total sulfur
contents of S2, S4, and S5 were 42.54%, 48.60%, and 49.92%, respectively, which were much
higher than those of S1, S3, and S6, which reached 1.42, 0.17, and 3.78%, respectively. Most
of them were in the form of sulfide–sulfur, except in S3. This sulfide–sulfur might comprise
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sulfide minerals such as pyrite, chalcopyrite, and galena, according to the results shown in
Figure 2. This suggested that the waste rocks of S2, S4, and S5 contained large amounts of
sulfide–sulfur and had a stronger ability to produce acid, leading to the release of more As
and Pb from these waste rocks [61]. The proportions of As and Pb in these waste rocks were
0.06% and 1.99%, respectively. These values exceeded the national risk control value [62],
potentially posing a significant threat to the surrounding environment.

3.3. Morphology and Element Distribution of Waste Rocks

The morphology and element content of the waste rocks are illustrated in Figure 3.
All the waste rocks were heterogeneous and contained various mineral components. All of
them were quartz and dolomite [63]. S4, S5, and S6 had more irregularly shaped particles
than S1, S2, and S3. This indicated that S4, S5, and S6 had larger surface areas in contact
with the leaching solution and it was easier for them to oxidize and release As and Pb.
EDS results are shown in Figure 3; Pb exists in all waste rocks except S3. The results were
similar to those of the XRF (Table 2). As reflected by the EDS results, Pb concentrations in
S1, S2, S4, S5 and S6 were 85.80, 84.14, 84.27, 87.64, and 89.36, respectively. Meanwhile, the
S concentration were 11.08, 12.20, 11.42, 12.06, and 9.52%, respectively. Pb was associated
with S, which indicated that Pb in these waste rocks might have been in the form of galena.
In addition, As was only found in S2, S3, and S6, as exhibited by EDS, in concentrations of
19.68%, 1.31% and 31.23%, respectively. EDS results showed that As coexisted with S, Fe,
Cu, Al, Ca, and Si. This suggested that As in these waste rocks might be associated with
pyrite or chalcopyrite, which was consistent with the XRD results. As(III) and As(-I) would
substitute Fe(II) and S2(–II), respectively in pyrite and chalcopyrite [64]. A small part of As
in these waste rocks was adsorbed or coated by clay minerals like kaolinite and chlorite in
the form of arsenate [54].

An S2 sample was chosen for TOF-SIMS analysis to further study the distribution
characteristics of As and Pb. Figure 4 shows selected secondary ion images acquired for
the S2 sample. As shown in Figure 4a–f, As, Pb, S(–), CO3

2−, Si, and Al in S2 were found.
CO3

2− were uniformly distributed in S2, while As, Pb S(–), Si, and Al were enriched. As
and Pb had low signal intensity, while S(–), CO3

2−, Si, and Al had high signal intensity.
This was consistent with the results of the XRF shown in Table 2. The overlap of As and
S(–), CO3

2−, Si, and Al is illustrated in Figure 4g–j. The signal of As exhibited a high
overlap with S, indicating that As might be associated with sulfide minerals such as pyrite,
chalcopyrite, and arsenopyrite [65]. These sulfide minerals conformed with the results of
SEM-EDS. The signal of As showed some overlap with Al and Si, and Al highly overlapped
with Si, as shown in Figure 4o. This indicated that some parts of As in S2 might have been
adsorbed or encased in clay minerals [66,67]. There was little overlap between As and
CO3

2-. This suggested that there was a low correlation between As and carbonate minerals
in these waste rocks. Figure 4k–n show the overlap of Pb and S(–), CO3

2−, Si, and Al. The
overlap of Pb’s signal with S(–), CO3

2−, Si, and Al was similar to that of As. The signal of
Pb exhibited a high overlap with S(–). This suggested that Pb in S2 was mainly composed
of galena [68]. There was some overlap between Pb, Al, and Si. This indicated that a part
of Pb was adsorbed or encased with clay minerals [69]. Pb and CO3

2− had little overlap.
This indicated a very low correlation between Pb and carbonate minerals.
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Figure 3. SEM-EDS images of waste rocks. Area 1–12 were the mineral components where As and Pb
may exist on six waste rock samples (S1–S6) determined by SEM-EDS.
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Figure 4. TOF-SIMS images in S2: (a–f) distribution of As, Pb, S(–), CO3
2−, Si, and Al; (g–j) overlap

of As with S(–), CO3
2−, Si, and Al, respectively; (k–n) overlap of Pb with S(–), CO3

2−, Si, and Al,
respectively; (o) overlap of Si with Al. The color is simply to distinguish the distribution of different
elements.

3.4. The Changes in pH, Eh, and EC Values of Leaching Solutions

The values of pH, Eh, and EC of the leaching solutions during waste rock leaching by
MD, RW, and AS are illustrated in Figure 5. Their values remained stable after leaching
by MD, RW, and AS. This might be attributed to the acid–base buffer characteristics of
these waste rocks due to the existence of sulfide minerals and carbonate minerals [49,50].
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Carbonate mineral dissolution could neutralize the acid produced by sulfide mineral
dissolution [70]. As shown in Figure 5a, the pH values of leaching solutions in S1–S3
samples ranged from 7.5 to 8.5 when leached by MD, RW, and AS. This could be attributed
to the high acid neutralizing ability of the dolomite, ferro-dolomite, siderite, calcite, CaO,
and MgO and the weak acid production ability of the sulfide minerals. Therefore, although
a small amount of sulfide minerals was oxidized to produce acid in S1–S3, acid would
be neutralized quickly by these carbonate minerals and alkaline oxides. The pH values
of S4–S5 in MD, RW, and AS decreased to 3.90–4.57 after 15 d of leaching. The net acid
production ability of S4 and S5 was high, due to their having greater amounts of sulfide
minerals (reaching 61.2 and 62.5%, respectively). The pH value of the final leachates in
S6 was maintained in the range of 7.0–8.0. The content of carbonate minerals was slightly
greater than that of sulfide minerals. This indicated that the acid neutralization ability was
slightly greater than the acid production ability.

The Eh value of the leaching solution could reflect the redox state in the leaching
process [71]. The initial Eh value of MD (495.67 mV) was much higher than those of RW
(170.00 mV) and AS (−54.67 mV). This meant that the oxidation potential of MD was much
higher than those of RW and AS, resulting in the acceleration of the oxidative dissolution of
sulfide minerals in waste rocks when leached by MD. As shown in Figure 5b, Eh decreased
in MD leaching in all waste rocks at 1 d; Eh was unchanged in RW leaching at 1 d, while it
increased in AS leaching. The Eh values of the three leaching solutions became increasingly
similar as leaching time increased. This might be ascribed to the waste rocks having the
same redox conditions due to the convergence of pH values during leaching [72]. The Eh
of the MD leaching solution was higher than those of RW and AS, indicating that As and
Pb were more easily released during MD leaching. Moreover, the Eh values of S1, S2, S3,
S4, S5, and S6 in MD decreased from 495.67 to 125.33, 161.33, 122.00, 249.33, 318.67, and
155.00 mV, respectively, after 15 d leaching; the Eh values in RW after 15 d were 109.33,
124.00, 86.67, 245.00, 304.67, and 143.00 mV, respectively. The Eh values of these waste rocks
increased from −54.67 to 55.00, 127.33, 54.00, 225.33, 275.33, and 130.67 mV, respectively
in AS leaching for 15 d. The Eh values of S4 and S5 were higher than those of the other
waste rocks. This suggested that the sulfide minerals of S4 and S5 could be easily oxidized,
releasing more As and Pb. The Eh values of these waste rocks in MD leaching were higher
than those in RW leaching and AS leaching [73]. This indicated that waste rocks were more
easily oxidized in MD leaching than in RW and AS.

EC can indirectly reflect the concentration of metal(loid) ions in leaching solutions [74].
The initial EC values of MD, RW, and AS were 443.23, 780.90, and 919.63 μS/cm, respectively.
As shown in Figure 5c, the EC values of the leaching solutions in each waste rock tended
to be consistent in the middle and late stages of leaching and showed a rising trend. This
could be attributed to the release of the As and Pb in waste rocks [74]. The EC values of
S1, S2, S3, S4, S5, and S6 after 15 d reached 739.23, 1197.33, 691.97, 3521.00, 3197.00, and
1534.67 μS/cm, respectively in MD leaching; 870.60, 1084.67, 840.00, 3574.00, 3205.67, and
1837.00 μS/cm, respectively in RW leaching; and 899.93, 1084.67, 979.93, 4176.33, 3309.00,
and 1993.00 μS/cm, respectively in AS leaching. The EC values of S1, S2, S3, and S6 were
much lower than S4 and S5. This indicated that the As and Pb release abilities of S2 and S6
might be higher than those of S1 and S3 and lower than those of S4 and S5 in these leaching
solutions.

99



Toxics 2023, 11, 943

Figure 5. The pH (a), Eh (b), and EC (c) values in leaching solution. S1–S6 are the samples of waste
rock.
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3.5. The Change in Total Concentrations of As and Pb in Leaching Solutions

Figure 6 shows the release of As and Pb in S1–S6 under MD, RW, and AS. Figure 6a
shows the As and Pb released in S1–S6 under MD leaching. As and Pb in S1 and S5
were released the most in these waste rocks, reaching 6.50, 60.32, and 6.57, 47.72 mg/kg,
respectively, as shown in Figure 5. The pH of S1 was maintained at about 8 and the Eh
was maintained at about 100 mV due to the dissolution of ferro-dolomite, and the solution
was in a low-oxidation environment. This indicated that As might have existed in the form
of arsenate in S1 [75]. S1 has a high Pb release due to its high total Pb content (0.33%).
S5 was mainly composed of pyrite and galena; the pH and Eh of the leaching solution
were maintained at 4 and 200 mV, respectively in MD leaching. This meant that sulfide
minerals were more easily dissolved and released As and Pb under acidic conditions [76].
The release amounts of As and Pb in S2, S3, S4, and S6 were very low, and values were
observed at 0.91 and 0, 0.43 and 0, 1.39 and 0, and 2.46 and 0 mg/kg, respectively. This
might have been because the total As and Pb contents in S2, S3, S4, and S6 were very low
or the forms of As and Pb in these waste rocks were not easily released [77]. Figure 6b
shows the release of As and Pb in S1–S6 under RW leaching. The leaching results of RW
were similar to those of MD. S1 and S5 had the highest As release levels, reaching 5.96
and 6.40 mg/kg, respectively under RW leaching. The release of Pb under RW leaching
was much lower than that under MD leaching; the concentrations of S1 and S5 under RW
leaching were 38.11 and 12.19 mg/kg, respectively. This indicated that Pb was more likely
to be released when the initial condition was acidic. The release of As and Pb in these waste
rocks under AS leaching is shown in Figure 6c. The release levels of S2, S3, S4, and S6 was
much higher than under MD and RW leaching, reaching 1.06, 1.16, 1.85, and 5.43 mg/kg.
This indicated that the As in these waste rocks could mainly exist in the form of anions,
which were easy to release under alkaline conditions. The release of Pb in AS leaching was
also much higher than in RW leaching, but less than in MD leaching. This suggested that
the release of Pb could increase under alkaline conditions [78]. In general, both As and
Pb were more likely to be released under acidic and alkaline conditions, with the acidic
conditions being significantly better.

3.6. Correlation between Release of As and Pb and Mineral Composition

This was selected for analysis, due to the significant release of As and Pb obtained in
MD leaching. Figure 7 shows the XRD patterns of waste rocks after MD leaching and the
proportions of identified minerals. As shown in Figures 2 and 7, the ferro-dolomite of S1,
S2, S4, S5, and S6 was transformed into dolomite by deferrization under MD leaching. This
indicated that the oxidation and dissolution of waste rocks would be accelerated due to the
presence of Fe(III). Moreover, the content of gypsum in S4 increased from 0 to 4.1%, and
anglesite (PbSO4) occurred in S5 after MD leaching. These suggested that sulfide minerals
in waste rocks have been oxidized to generate secondary sulfate minerals. Furthermore, the
carbonate mineral content in S1–S5 decreased from 76.6%, 78.4%, 98.0%, 32.4%, and 17.2%
to 62.2%, 60.9%, 94.8%, 20.2%, and 4.6% whereas the content of sulfur minerals increased
in all waste rocks. This indicated that carbonate minerals dissolve under MD leaching,
leading to an increase in the proportions of sulfur minerals. The correlation between the
release concentrations of As and Pb under MD leaching and the mineral composition of
waste rocks was obtained via RDA analysis (Figure 8). The sulfide mineral composition
in waste rocks was positively correlated with the release concentration of As and Pb in
the leaching solution [79]. This indicated that the release of As and Pb mainly came from
the sulfide minerals in these waste rocks. When the waste rock was soaked in acid MD,
metal sulfide minerals such As pyrite were dissolved. Fe and As were also dissolved in the
leaching solution. Fe(II) was oxidized to Fe(III), which accelerated the dissolution of other
sulfide minerals such as galena [80]. It was found that the high pollution of As and Pb in a
lead–zinc mining area occurred due to the oxidation dissolution of sulfide minerals in waste
rocks [79,81]. Carbonate and clay minerals in waste rocks were negatively correlated with
the release concentration of As and Pb. The negative correlations of carbonate minerals
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with Pb releasing were lower than with As releasing. The dissolution of carbonate minerals
would promote the reaction of Fe(II) with the thioarsenite to form arsenopyrite, thereby
reducing the release of As [82]. The negative correlation between the dissolution of clay
minerals and the release of Pb was greater than that of As. Part of the As was adsorbed or
encased in clay minerals in the form of anions [66,67]. This indicated that more Pb than As
would be released during the dissolution of clay minerals, but the opposite would be true
in the dissolution of clay minerals.

Figure 6. Releasing concentrations of As and Pb under MD (a), RW (b), and AS (c) leaching. On the
left is the release of As in waste rock, and on the right is the release of Pb in waste rock.
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Figure 7. The XRD spectra of waste rocks after MD leaching (a) and their mineral proportions (b).
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Figure 8. Ordination diagrams from RDA of releasing concentrations of As and Pb and the mineral
composition in waste rocks during MD leaching. The * in the figure only indicates the position of As
and Pb, and has no other meaning.

4. Conclusions

The findings showed that waste rocks in lead–zinc mine were mainly composed of
carbonate minerals and sulfide minerals. The net acid production potential of S4 and S5
was greater due to their having a higher proportion of sulfide minerals and lower content
of carbonate minerals. The main occurrence form of As was arsenopyrite, and a small part
was associated with pyrite and chalcopyrite. However, the main occurrence form of Pb
was galena. In addition, small amounts of As and Pb were adsorbed or encased by clay
minerals. During the leaching of MD and RW, the pH, Eh and EC of each waste rock tended
to be similar since each of these waste rocks had an acid–base neutralization ability. The
leachate pH values of S1, S2, S3, and S6 were significantly higher than those of S4 and S5
due to their having a higher content of carbonate minerals and acid neutralization ability.
Because MD had a higher acidity and Eh value, As and Pb were more easily released during
MD leaching when compared to RW. Part of the As existed in the form of arsenate and
was easier to release under alkaline conditions. Furthermore, the release of As and Pb in
MD leaching showed a positive correlation with the change in sulfide minerals in these
waste rocks but a negative correlation with clay minerals and carbonate minerals. This
suggested that the release of As and Pb in waste rocks was affected by the environment
and mineral composition and their physical and chemical properties. At present, As and
Pb pollution control is still urgent. This paper has provided the basic data for subsequent
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pollution control and prevention. Future pollution control should focus on preventing the
oxidation and dissolution of sulfide minerals in waste rocks.
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Abstract: The accumulation of proline impacts the defense mechanisms of plants against the harmful
effects of adverse environmental conditions; however, its concentration in plants is associated with
the metabolism of N. Therefore, the effects of exogenous organic [glutamate (Glu)/arginine (Arg)]
and inorganic [nitrate (NO3

−)/ammonium (NH4
+)] N on the accumulation of proline (Pro) in rice

plants under trivalent chromium [Cr(III)] stress were studied through using the mass balance matrix
model (MBMM). Application of ‘NH4

+’ showed the largest contribution to the Pro content in rice
shoots under different concentrations of Cr(III), followed by ‘NO3

−’, ‘Arg’, and ‘Glu’ applications.
On the other hand, ‘Arg’ application displayed the largest contribution to the Pro content in roots
under Cr(III) stress, followed by ‘NH4

+’, ‘Glu’, and ‘NO3
−’ applications. The combined application

of ‘NH4
++Arg’ showed the greatest contribution to the Pro content in both roots and shoots of

Cr(III)-treated rice seedlings, while the application of ‘NO3
−+Glu’ showed the least contribution

to the Pro content in rice seedlings. The current study indicated that the endogenous level of Pro
in rice seedlings is quite sensitive to Cr(III) stress under different N sources, and the mathematical
modeling showed a reliable result while estimating the relationship between Pro content and N
source application.

Keywords: proline; rice; trivalent chromium; nitrogen source; mass balance

1. Introduction

Chromium (Cr) is widely distributed in the environment through different activities
of industries such as metallurgical and chemical [1]. Due to its high solubility, mobility,
and oxidizing potential, Cr is considered as one of the top 20 hazardous materials to be
remediated on an early basis [2]. Naturally, Cr can exist in several oxidation states, ranging
from “−2” to “+6”, in which the hexavalent [Cr(VI)] and trivalent chromium [Cr(III)]
are the most stable forms of Cr [1]. Continuous input of Cr into the environment from
the industrial sector makes it a serious threat to plants [3,4]. Although plants uptake a
small amount of Cr from the soil, its over-accumulation in plants affects their nitrogen (N)
metabolism. For example, Cr exposure imbalanced the assimilation of nitrate (NO3

−) and
ammonium (NH4

+) by modifying the activities of nitrate reductase (NR), nitrite reductase
(NiR), glutamine (GS), and glutamate dehydrogenase (GDH) in Sorghum bicolor and Solanum.
lycopersicum (Martins et al. [5]).

Nitrogen is a crucial macroelement for supporting plant growth and development [6],
wherein NO3

− and NH4
+ are the most available inorganic forms of N for plants. Uptake

and subsequent assimilation of NO3
− or NH4

+ by plants play a crucial role in improving
plant growth and yield [7]. It provides the building blocks for the synthesis of a plethora of
biomolecules, such as proteins, nucleic acids, and chlorophyll. Among the biomolecules,
amino acids are the major component of plant biomass [8]. Proline (Pro), a common amino
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acid, plays an important role in plants. For instance, it maintains osmotic balance, protects
subcellular structures, scavenges reactive oxygen species (ROS), stabilizes protein and
DNA, and provides N sources in responses to stress conditions including drought, high
temperature, salinity, UV radiation, pathogens, and chemical exposure [9]. In addition
to acting as an excellent osmolyte, proline also plays a major role as a metal chelator, an
antioxidative defense molecule, and a signaling molecule [10]. Therefore, the level of Pro
accumulation in plant tissues has been suggested as a sensitive indicator to evaluate the
overall performance of plant growth in various contaminated sites. It has been reported
that the content of amino acids in plants is highly dependent on N nutrition [11]. Our
previous study also confirmed that NH4

+-fed rice seedlings showed a significantly dose-
dependent increase in Pro in shoots, while the innate level of Pro in NO3

−-fed rice seedlings
is independent of the NO3

− dose supplied. Additionally, we noticed that accumulation of
Pro was observable in rice plants supplied with additional Glu and Arg, where the latter
demonstrated much higher potential than the former during the synthesis of Pro in rice
plants [12].

Unfavorable environmental conditions inhibit plant growth and development by
altering various biological processes including N metabolism. In this case, a change in the
N cycle could alter the composition and the synthesis of amino acids [13]. Literature on the
effect of chromium toxicity on enzymes of nitrogen metabolism is available [14]. It is also
reported that fertilization of inorganic N (NO3

− and NH4
+) can influence the bioavailability

and toxicity of Cu, Cd, and Cr in plants by altering the synthesis of organic molecules
(with N), e.g., Pro, Glu, and Arg [15,16]. Our previous study reported that the innate level
of Pro in rice plants is changeable due to the application of different N sources (NO3

−
and NH4

+) under Cr stress [17]. Rice is one of the world’s most produced crops and a
major energy source in the world. Research on the synthesis of Pro in rice plants from both
inorganic (NO3

− and NH4
+) and organic (Arg and Glu) N sources showed a completely

different increment pattern [12]. However, no information is available to investigate the
endogenous Pro in rice plants fertilized with different nitrogenous chemicals under Cr(III)
stress. Therefore, we hypothesized that exogenous N affects the accumulation of proline
(Pro) in rice plants under trivalent chromium.

To achieve the objective, we carried out the present study in the following man-
ner: (1) determined the content of Pro in rice tissues under Cr(III) stress with different
inorganic (NO3

− and NH4
+) and organic (Arg and Glu) N sources alone and in combi-

nation; (2) mathematically evaluated the contribution of different N sources alone and in
combination to Pro content in rice plants under Cr(III) stress, based on the mass balance
matrix model (MBMM); (3) predicted a suitable combination of different N sources for
regulation of Cr(III) stress in rice plants using the content of Pro as a bioindicator. Overall,
our study provides a new method to elucidate the contribution of different N sources to
Pro accumulation in rice plants under Cr(III) stress.

2. Methods and Materials

2.1. Rice Seedlings and Cr Treatment

Rice (Oryza sativa L. XZX 45) seedlings were obtained using the method described
in our previous study [6]. Briefly, after soaking the seeds with deionized water for 24 h,
the seeds were cultivated in sand soils and placed in a growth chamber (temperature:
25 ± 0.5 ◦C and relative humidity: 60 ± 2%). Rice seedlings were irrigated with a modified
ISO8629 nutrient solution during the entire growth period, i.e., 16 days [1]. Seedlings of
similar sizes were selected for the following treatments (Figure 1).
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Figure 1. The design of experimental treatments.

(1) ‘Cr(III)+(−NI)’ treatments: Rice seedlings were pre-treated with the nutrition
solution without KNO3/NH4Cl (‘−NI’), but with 3 mM Arg (+NArg) or 10 mM Glu (+NGlu)
for 12 h [12], and subsequently exposed to Cr(III) solution at 0, 12.0, 24.0 and 40.0 mg Cr/L
for 2 days (Figure 1).

(2) ‘Cr(III)+(+NNO3
−)’ treatments: Rice seedlings were pre-treated with the KNO3-

containing nutrient solution (+NNO3
−) with 3 mM Arg (+NArg) or 10 mM Glu (+NGlu) for

12 h, respectively [12], and subsequently exposed to Cr(III) solution at 0, 12.0, 24.0 and
40.0 mg Cr/L for 2 days (Figure 1).
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(3) ‘Cr(III)+(+NNH4
+)’ treatments: Rice seedlings were pre-treated with the NH4Cl-

containing nutrition solution ‘+NNH4
+’, with 3 mM Arg (+NArg) or 10 mM Glu (+NGlu)

for 12 h [12], and exposed to Cr(III) solution at 0, 12.0, 24.0 and 40.0 mg Cr/L for 2 days
(Figure 1).

The symbol ‘−NO’ indicates N treatment without Arg or Glu; ‘+NArg’ indicates N
treatment with Arg; ‘+NGlu’ indicates N treatment with Glu; ‘−NI’ indicates the N treatment
without KNO3 or NH4Cl; ‘+NNO3

−’ indicates KNO3 treatment’; ‘+NNH4
+’ indicates NH4Cl

treatment. The weight of KNO3 and NH4Cl in the nutrient solution is equal to 39.5 mg
N/L. All glass containers were wrapped with aluminum foil to minimize water loss and
inhibit algae growth. Each treatment was prepared in four biological replicates. All
chemicals used were of analytical grade and purchased from Aladdin Chemistry Co., Ltd.
(Shanghai, China).

2.2. Measurement of Relative Growth Rate

Rice seedlings were weighed before and after exposure to Cr(III) treatments. The
relative growth rate (RGR, %) was calculated based on our previous study [12].

2.3. Measurement of Pro Content in Rice Seedlings

After 2 days of exposure, rice seedlings were divided into roots and shoots. Subse-
quently, these tissues were homogenized in a pre-chilled mortar with 3% sulfosalicylic acid
(5 mL). The homogenate was transferred to a 10 mL tube for centrifuging (4 ◦C, 11,000 rpm,
15 min). After centrifugation, 2 mL of the supernatant was taken and mixed with equal
quantity, i.e., 2.0 mL of glacial acetic acid and 2.5% ninhydrin (glacial acetic acid: 6 mol/L
phosphoric acid, 60:40) solution, and boiled in a water bath for 1 h. For instant cooling, the
solution was kept on ice for 5 min followed by extraction of desired product using 4 mL
toluene. The amount of Pro content was estimated using a spectrophotometer at 520 nm
against a toluene reference, as per standard protocol formulated by Li et al. [12]. A standard
curve was constructed to measure proline content between the absorbance at 520 nm and
L-proline content (Supplementary Materials). Series content of L-proline was 0, 2, 4, 6, 8,
and 10 μg/mL of ddH2O. A linear regression was observed between the absorbance values
at 520 nm and L-proline contents at 0–10 μg (R2 = 0.9992).

2.4. Modeling the “Mass Balance Matrix”

In this study, we developed a “mass balance matrix” model (MBMM), based on the
elementary rows (r)/columns (c) transformation to predict the optimal tolerance strategies
for rice seedlings grown in different N sources under Cr(III) stress using the content of
Pro as the dependent variable. Accordingly, the contribution of different N sources to Pro
content was estimated. The elements of all matrixes are denoted by aij (i, j = 1, 2, 3).

The fundamental matrix is as follows:⎡
⎢⎣

(−NO)&(−NI) (+NArg)&(−NI) (+NGlu)&(−NI)
(−NO)&(+NNO−

3
) (+NArg)&(+NNO−

3
) (+NGlu)&(+NNO−

3
)

(−NO)&(+NNH+
4
) (+NArg)&(+NNH+

4
) (+NGlu)&(+NNH+

4
)

⎤
⎥⎦ (1)

The rows (i) and columns (j) of Matrix (1) are denoted by ri and cj (i, j = 1, 2, 3),
respectively. The ‘&’ indicated the combination of two different N sources. For example,
a11 refers to the treatment without organic N, ‘−NO’ and inorganic N (KNO3/NH4Cl)
‘−NI’; a12 refers to the treatment with organic N (Arg) ‘+NArg’, but without inorganic N
(KNO3/NH4Cl) ‘−NI’; a13 refers to the treatment with organic N (Glu) ‘+NGlu’, but without
inorganic N (KNO3/NH4Cl) ‘−NI’.
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To compare the contribution of organic and inorganic N to Pro content, Matrix (1) was
performed with the elementary row (r) transformation, i.e., r2 − r1, r3 − r1, and r3 − r2.
Therefore, the following three matrices were obtained:

⎡
⎢⎣
(+NNO−

3
)− (−NI) (+NNO−

3
)− (−NI) (+NNO−

3
)− (−NI)

(−NO)+(+NNO−
3
) (+NArg) + (+NNO−

3
) (+NArg) + (+NNO−

3
)

(−NO) + (+NNH+
4
) (+NArg) + (+NNH+

4
) (+NArg) + (+NNH+

4
)

⎤
⎥⎦ (2)

⎡
⎢⎣
(+NNH+

4
)− (−NI) (+NNH+

4
)− (−NI) (+NNH+

4
)− (−NI)

(−NO) + (+NNO−
3
) (+NArg) + (+NNO−

3
) (+NGlu) + (+NNO−

3
)

(−NO) + (+NNH+
4
) (+NArg) + (+NNH+

4
) (+NGlu) + (+NNH+

4
)

⎤
⎥⎦ (3)

⎡
⎢⎣

(−NO) + (−NI) (+NArg) + (−NI) (+NGlu) + (−NI)
(+NNH+

4
)− (+NNO−

3
) (+NNH+

4
)− (+NNO−

3
) (+NNH+

4
)− (+NNO−

3
)

(−NO) + (+NNH+
4
) (+NArg) + (+NNH+

4
) (+NGlu) + (+NNH+

4
)

⎤
⎥⎦ (4)

r1 in Matrix (2), r1 in Matrix (3) and r2 in Matrix (4) were all extracted to obtain
Matrix (5):

⎡
⎢⎣

(+NNO−
3
)− (−NI) (+NNO−

3
)− (−NI) (+NNO−

3
)− (−NI)

(+NNH+
4
)− (−NI) (+NNH+

4
)− (−NI) (+NNH+

4
)− (−NI)

(+NNH+
4
)− (+NNO−

3
) (+NNH+

4
)− (+NNO−

3
) (+NNH+

4
)− (+NNO−

3
)

⎤
⎥⎦ (5)

where r1 is the contribution of inorganic N (KNO3) ‘+NNO3
−’ to Pro content; r2 is the

contribution of inorganic N (NH4Cl) ‘+NNH4
+’ to Pro content; r3 is the difference between

the contribution of inorganic N (NH4Cl) ‘+NNH4
+’ and inorganic N (KNO3) ‘+NNO3

−’ to
Pro content.

Additionally, Matrix (1) was performed with the elementary column (c) transforma-
tions, i.e., c2 − c1, c3 − c1, and c3 − c2. Therefore, the following three matrices were obtained:

⎡
⎢⎣
(+NArg)− (−NO) (+NArg) + (−NI) (+NGlu) + (−NI)
(+NArg)− (−NO) (+NArg) + (+NNO−

3
) (+NGlu) + (+NNO−

3
)

(+NArg)− (−NO) (+NArg) + (+NNH+
4
) (+NGlu) + (+NNH+

4
)

⎤
⎥⎦ (6)

⎡
⎢⎣
(+NGlu)− (−NO) (+NArg) + (−NI) (+NGlu) + (−NI)
(+NGlu)− (−NO) (+NArg) + (+NNO−

3
) (+NGlu) + (+NNO−

3
)

(+NGlu)− (−NO) (+NArg) + (+NNH+
4
) (+NGlu) + (+NNH+

4
)

⎤
⎥⎦ (7)

⎡
⎢⎣

(−NO) + (−NI) (+NGlu)− (+NArg) (+NGlu) + (−NI)
(−NO) + (+NNO−

3
) (+NGlu)− (+NArg) (+NGlu) + (+NNO−

3
)

(−NO) + (+NNH+
4
) (+NGlu)− (+NArg) (+NGlu) + (+NNH+

4
)

⎤
⎥⎦ (8)

c1 in Matrix (6), c1 in Matrix (7) and c2 in Matrix (8) were all extracted to obtain
Matrix (9):

⎡
⎣(+NArg)− (−NO) (+NGlu)− (−NO) (+NGlu)− (+NArg)
(+NArg)− (−NO) (+NGlu)− (−NO) (+NGlu)− (+NArg)
(+NArg)− (−NO) (+NGlu)− (−NO) (+NGlu)− (+NArg)

⎤
⎦ (9)

where c1 is the contribution of organic N (Arg) ‘+NArg’ to Pro content; c2 is the contribution
of organic N (Glu) ‘+NGlu’ to Pro content; c3 is the difference between the contribution of
organic N (Glu) ‘+NGlu’ and organic N (Arg) ‘+NArg’ to Pro content.

Next, ‘(−NO) and (−NI)’ was set to 0, and Matrix (9) was subtracted from Matrix (5)
to yield Matrix (10):
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⎡
⎢⎣

(+NArg)− (+NNO−
3
) (+NGlu)− (+NNO−

3
) (+NGlu)− (+NArg)− (+NNO−

3
)

(+NArg)− (+NNH+
4
) (+NGlu)− (+NNH+

4
) (+NGlu)− (+NArg xFFFD−(+NNH+

4
)

(+NArg)− (+NNH+
4
)− (+NNO−

3
) (+NGlu)− (+NNH+

4
)− (+NNO−

3
) (+NGlu)− (+NArg)− (+NNH+

4
)− (+NNO−

3
)

⎤
⎥⎦ (10)

Then, a11, a12, a21, and a22 from Matrix (10) were extracted to form Matrix (11):[
(+NArg)− (+NNO−

3
) (+NGlu)− (+NNO−

3
)

(+NArg)− (+NNH+
4
) (+NGlu)− (+NNH+

4
)

]
(11)

where a11 represents the difference between the contribution of ‘Arg and NO3
−’ to Pro

content; a12 represents the difference between the contribution of ‘Glu and NO3
−’ to Pro

content; a21 represents the difference between the contribution of ‘Arg and NH4
+’ to Pro

content; a22 represents the difference between the contribution of ‘Glu and NH4
+’ to Pro

content. In addition, the values of a3j in Matrix (5), ai3 in Matrix (9), and a11, a12, a21 and
a22 in Matrix (11) were used to reflect the contribution of organic (Arg/Glu) and inorganic
(KNO3/NH4Cl) N alone to Pro content.

3. Results

3.1. Pro Content in Rice Tissues under ‘Cr(III)+(−NI)’ Treatments

Under ‘Cr(III)+(−NI)’ treatments, the Pro content in shoots of rice seedlings cultivated
with ‘−NO’, ‘+NArg’, and ‘+NGlu’ was determined to be “14.30 to 27.28 μg/g FW”, “21.96
to 60.85 μg/g FW”, and “15.53 to 37.65 μg/g FW”, respectively (Figure 2a). These results
reveal that Cr(III) treatment increased Pro content in a dose-dependent manner compared
with the untreated rice plants. The addition of arginine and glutamate significantly im-
proved Pro content under Cr(III) treatments in rice seedlings in a dose-dependent manner.

The Pro content in roots of rice seedlings cultivated with ‘−NO’, ‘+NArg’, and ‘+NGlu’
was “10.59 to 14.82 μg/g FW”, “14.23 to 19.35 μg/g FW”, and “9.95 to 15.64 μg/g FW”,
respectively (Figure 2b). This shows that Pro content was lower in roots compared with
shoots of rice seedlings under the same treatments. Higher proline content under Cr(III)
treatments was observed in arginine-supplemented rice plants.

3.2. Pro Content in Rice Tissues under ‘Cr(III)+(+NNO3
−)’ Treatments

Under ‘Cr(III)+(+NNO3
−)’ treatments, the Pro content in shoots of rice seedlings

cultivated with ‘−NO’, ‘+NArg’, and ‘+NGlu’ was determined to be “42.40 to 67.55 μg/g
FW”, “47.16 to 73.83 μg/g FW”, and “34.24 to 47.70 μg/g FW”, respectively (Figure 2c).
Although the increase in proline content was in a dose-dependent manner in Cr(III)+(−NO)
treatments, proline content in Cr(III)+(+NNO3

−) treatments supplemented with arginine
and glutamate showed an opposite trend.

The Pro content in roots of rice seedlings cultivated with ‘−NO’, ‘+NArg’, and ‘+NGlu’
was “10.21 to 10.78 μg/g FW”, “11.78 to 12.24 μg/g FW”, and “10.50 to 12.72 μg/g FW”,
respectively (Figure 2d). There was no significant difference in Pro content of shoots among
all the treatments.

3.3. Pro Content in Rice Tissues under ‘Cr(III)+(+NNH4
+)’ Treatments

Under ‘Cr(III)+(+NNH4
+)’ treatment, the Pro content in shoots of rice seedlings culti-

vated with ‘−NO’, and ‘+NArg’, ‘+NGlu’ was determined to be “80.61 to 140.71 μg/g FW”,
“63.11 to 104.94 μg/g FW”, and “41.23 to 95.38 μg/g FW”, respectively (Figure 2e). It
was observed that increase in Cr concentration significantly increased Pro content under
Cr(III)+(+NNH4

+) treatments without arginine and glutamate. However, the supplementa-
tion of arginine and glutamate showed an opposite trend for Pro accumulation in rice roots
under Cr(III)+(+NNH4

+) treatments.
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Figure 2. The content of Pro in shoots and roots of rice seedlings under ‘Cr(III)+(−NI)’,
‘Cr(III)+(+NNO3

−)’, and ‘Cr(III)+(+NNH4
+)’ treatments. The Pro content in (a) shoots and (b) roots of

rice seedlings under ‘Cr(III)+(−NI)’ treatments. The Pro content in (c) shoots and (d) roots of rice
seedlings under ‘Cr(III)+(+NNO3

−)’ treatments. The Pro content in (e) shoots and (f) roots of rice
seedlings under ‘Cr(III)+(+NNH4

+)’ treatments. “*” indicate significant differences compared with
the control group (p < 0.05).

The Pro content in roots of rice seedlings cultivated with ‘−NO’, ‘+NArg’, and ‘+NGlu’
was “26.12 to 31.39 μg/g FW”, “24.18 to 26.34 μg/g FW”, and “24.39 to 27.37 μg/g FW”,
respectively(Figure 2f). There was no significant difference in Pro content of shoots among
all the treatments.

3.4. The Contribution of Organic and Inorganic N Application to Pro Content in Rice Seedlings

Herein, we take the treatment with 0.0 mg Cr/L application as an example to predict
the contribution of organic and inorganic N alone and in combination with Pro content in
rice seedlings (Table 1).
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Table 1. The ranking of the contribution of organic and inorganic N to Pro content in rice seedlings.

Treatments

Organic and Inorganic N
Treatments Alone

Organic and Inorganic N
Treatments in Combination

Shoot Root Shoot Root

Control NNH4
+ > NNO3

−
> NArg > NGlu

NArg > NNH4
+ >

NGlu > NNO3
−

NNH4
+ + NArg >

NNH4
+ + NGlu >

NNO3
− + NArg >

NNO3
− + NGlu

NNH4
+ + NArg

≈ NNH4
+ + NGlu

> NNO3
− + NArg

≈ NNO3
− +

NGlu

12 mg Cr/L NNH4
+ > NNO3

−
> NArg > NGlu

NArg > NNH4
+ >

NGlu > NNO3
−

NNH4
+ + NArg >

NNH4
+ + NGlu >

NNO3
− + NArg >

NNO3
− + NGlu

NNH4
+ + NArg

≈ NNH4
+ + NGlu

> NNO3
− + NArg

≈ NNO3
− +

NGlu

24 mg Cr/L NNH4
+ > NNO3

−
> NArg > NGlu

NArg > NNH4
+ >

NGlu > NNO3
−

NNH4
+ + NArg >

NNO3
− + NArg >

NNH4
+ + NGlu >

NNO3
− + NGlu

NNH4
+ + NArg

≈ NNH4
+ + NGlu

> NNO3
− + NArg

≈ NNO3
− +

NGlu

40 mg Cr/L NNH4
+ > NNO3

−
> NArg > NGlu

NArg > NNH4
+ >

NGlu > NNO3
−

NNH4
+ + NArg >

NNO3
− + NArg >

NNH4
+ + NGlu >

NNO3
− + NGlu

NNH4
+ + NArg

≈ NNH4
+ + NGlu

> NNO3
− + NArg

≈ NNO3
− +

NGlu

In summary NNH4
+ > NNO3

−
> NArg > NGlu

NArg > NNH4
+ >

NGlu > NNO3
−

0 and 12 mg
Cr/L treatment:
NNH4

+ + NArg >
NNH4

+ + NGlu >
NNO3

− + NArg >
NNO3

− + NGlu
24 and 40 mg

Cr/L treatment:
NNH4

+ + NArg >
NNO3

− + NArg >
NNH4

+ + NGlu >
NNO3

− + NGlu

NNH4
+ + NArg

≈ NNH4
+ + NGlu

> NNO3
− + NArg

≈ NNO3
− +

NGlu

3.4.1. Pro Content in Shoots of Cr(III)-Treated Rice Seedlings

Using the measured data of Pro content in rice shoots, Matrix (12) was formulated
as follows: ⎡

⎣14.30 21.96 15.53
42.40 73.83 47.70
80.61 104.94 95.38

⎤
⎦ (12)

As shown in Matrix (12), the contribution of the ‘NI + NO’ application to Pro content
was in the following order: ‘NNH4

+ + NArg’ > ‘NNH4
+ + NGlu’ > ‘NNO3

− + NArg’ > ‘NNO3
−

+ NGlu’.
To compare the contribution of inorganic N (NNH4

+/NNO3
−) application to Pro con-

tent, the result is shown in Matrix (13):⎡
⎣28.10 51.87 32.17

66.31 82.98 79.85
38.21 31.11 47.68

⎤
⎦ (13)

According to the calculation presented in the third row (r3) of Matrix (13), the NNH4
+

application showed a higher contribution to Pro content than the NNO3
− application.
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Then, Matrix (14) can be obtained as follows:⎡
⎣ 7.66 1.23 −6.43

31.43 5.30 −26.13
24.33 14.77 −9.56

⎤
⎦ (14)

Based on the results presented in the third column (c3) of Matrix (14), the contribution
of the NArg application to Pro content is higher than that of the NGlu application.

The contribution of each individual organic/inorganic N to Pro content was calculated
based on Matrix (15), and the result is shown as follows:[−20.44 −50.64

−34.88 −77.68

]
(15)

The contribution of inorganic/organic N application to Pro content was in the follow-
ing manner: ‘NNO3

−’ > ‘NArg’, ‘NNO3
−’ > ‘NGlu’, ‘NNH4

+’ > ‘NArg’, and ‘NNH4
+’ > ‘NGlu’.

Accordingly, based on the values of a3j in Matrix (13), ai3 in Matrix (14), and a11, a12, a21,
and a22 in Matrix (15), the contribution of inorganic/organic N application to Pro content
was in the following order: ‘NNH4

+’ > ‘NNO3
−’ > ‘NArg’ > ‘NGlu’.

3.4.2. Pro Content in Roots of Cr(III)-Treated Rice Seedlings

Using the measured data of Pro content in rice roots, Matrix (16) was formulated
as follows: ⎡

⎣10.59 14.23 9.95
10.78 12.24 10.52
26.12 24.18 24.39

⎤
⎦ (16)

It can be seen from Matrix (16) that the contribution of ‘NI + NO’ application to Pro
content was in the following order: ‘NNH4

+ + NArg’ ≈ ‘NNH4
+ + NGlu’ > ‘NNO3

− + NArg’
≈ ‘NNO3

− + NGlu’.
Matrix (17) was obtained as follows:⎡

⎣ 0.19 −1.99 0.57
15.53 9.95 14.44
15.34 11.94 13.87

⎤
⎦ (17)

According to the third row of Matrix (17), the contribution of inorganic N sources to
Pro content was in the following order: ‘NNH4

+’ > ‘NNO3
−’.

Then, Matrix (18) was obtained as follows:⎡
⎣ 3.64 −0.64 −4.28

1.46 −0.26 −1.72
−1.94 −1.73 0.21

⎤
⎦ (18)

Based on the third column of Matrix (18), the contribution of organic N sources to Pro
content was in the following order: ‘NArg’ > ‘NGlu’.

Then, Matrix (19) was generated:
[

3.45 1.35
−14.07 −10.21

]
(19)

Matrix (19) shows that the contribution of inorganic or organic N sources to Pro content
was in the following manner: ‘NArg’ > ‘NNO3

−’, ‘NGlu’ > ‘NNO3
−’, ‘NArg’ > ‘NNH4

+’, and
‘NNH4

+’ > ‘NGlu’. Similarly, based on the values of a3j in Matrix (17), ai3 in Matrix (18), and
a11, a12, a21, and a22 in Matrix (19), the contribution of inorganic or organic N sources to Pro
content was in the following order: ‘NArg’ > ‘NNH4

+’ > ‘NGlu’ > ‘NNO3
−’. Moreover, we also

calculated the contribution of inorganic and organic N sources alone and in combination
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with Pro content in both roots and shoots of rice seedlings under 12, 24, and 40 mg Cr/L
treatments (Tables 2 and 3). The application of N sources alone, ‘NNH4

+’, showed the
largest contribution to Pro content in rice shoots under different concentrations of Cr(III),
followed by ‘NNO3

−’, ‘NArg’, and ‘NGlu’ application, while ‘NArg’ application displayed
the largest contribution to the Pro content in rice roots under different concentrations of
Cr(III), followed by ‘NNH4

+’, ‘NGlu’, and ‘NNO3
−’ applications. Regarding the application

of N sources in combination, ‘NNH4
+ + NArg’ application showed the largest contribution

to Pro content in both roots and shoots of rice seedlings under different concentrations of
Cr(III), while ‘NNO3

− + NGlu’ application contributed the least to Pro content in both roots
and shoots of Cr(III)-treated rice seedlings. These results suggested that the contribution of
different N sources to Pro content in Cr(III)-treated rice seedlings is different.

Table 2. The contribution of inorganic and organic N alone and in combination to Pro content in
shoot of rice seedlings under 12, 24, and 40 mg Cr/L treatments.

Treatments (12) (13) (14) (15)

Shoot

Control

⎡
⎣14.30 21.96 15.53

42.40 73.83 47.70
80.61 104.94 95.38

⎤
⎦

⎡
⎣28.10 51.87 32.17

66.31 82.98 79.85
38.21 31.11 47.68

⎤
⎦

⎡
⎣ 7.66 1.23 −6.43

31.43 5.30 −26.13
24.33 14.77 −9.56

⎤
⎦ [−20.44 −50.64

−34.88 −77.68

]

12 mgCr/L
⎡
⎣ 22.39 32.26 19.57

49.22 64.22 44.15
103.90 78.06 66.03

⎤
⎦

⎡
⎣26.83 31.96 24.58

81.51 45.80 46.46
54.68 13.84 21.88

⎤
⎦

⎡
⎣ 9.87 −2.82 −12.69

15.00 −5.07 −20.07
−25.84 −37.87 −12.03

⎤
⎦ [−16.96 −34.78

−66.51 −50.87

]

24 mgCr/L
⎡
⎣ 23.88 45.53 28.23

57.87 56.14 41.24
121.33 72.23 50.46

⎤
⎦

⎡
⎣33.99 10.61 13.01

97.45 26.70 22.23
63.46 16.09 9.22

⎤
⎦

⎡
⎣ 21.65 4.35 −17.30
−1.73 −16.63 −14.90
−49.10 −70.87 −21.77

⎤
⎦ [−12.34 −6.26

−99.18 −43.33

]

40 mgCr/L
⎡
⎣ 27.28 60.85 37.65

67.55 47.16 34.24
140.71 63.11 41.23

⎤
⎦

⎡
⎣ 40.27 −13.69 −3.41

113.43 2.23 3.58
73.16 15.95 6.99

⎤
⎦

⎡
⎣ 33.57 10.37 −23.20
−20.39 −33.31 −12.92
−77.60 −99.48 −21.88

⎤
⎦ [ −6.70 24.06

−133.82 −35.57

]

Table 3. The contribution of inorganic and organic N alone and in combination to Pro content in root
of rice seedlings under 12, 24, and 40 mg Cr/L treatments.

Treatments (16) (17) (18) (19)

Root

Control

⎡
⎣10.59 14.23 9.95

10.78 12.24 10.52
26.12 24.18 24.39

⎤
⎦

⎡
⎣ 0.19 −1.99 0.57

15.53 9.95 14.44
15.34 11.94 13.87

⎤
⎦

⎡
⎣ 3.64 −0.64 −4.28

1.46 −0.26 −1.72
−1.94 −1.73 0.21

⎤
⎦ [

3.45 1.35
−14.07 −10.21

]

12 mg Cr/L
⎡
⎣14.84 19.35 15.64

10.53 12.00 10.50
26.24 26.34 25.10

⎤
⎦

⎡
⎣−4.31 −7.35 −5.14

11.40 6.99 9.46
15.71 14.34 14.60

⎤
⎦

⎡
⎣4.51 0.80 −3.71

1.47 −0.03 −1.50
0.10 −1.14 −1.24

⎤
⎦ [

8.82 8.15
−9.93 −7.02

]

24 mg Cr/L
⎡
⎣13.88 18.37 13.19

10.28 11.86 12.09
29.60 25.64 25.97

⎤
⎦

⎡
⎣−3.60 −6.51 −1.10

15.72 7.27 12.78
19.32 13.78 13.88

⎤
⎦

⎡
⎣ 4.49 −0.69 −5.18

1.58 1.81 0.23
−3.96 −3.63 0.33

⎤
⎦ [

8.09 5.82
−14.14 −5.46

]

40 mg Cr/L
⎡
⎣14.82 18.10 14.71

10.21 11.78 12.72
31.39 24.34 27.37

⎤
⎦

⎡
⎣−4.61 −6.32 −1.99

16.57 6.24 12.66
21.18 12.56 14.65

⎤
⎦

⎡
⎣ 3.28 −0.11 −3.39

1.57 2.51 0.94
−7.05 −4.02 3.03

⎤
⎦ [

7.89 6.21
−15.00 −3.73

]

4. Discussion

The toxic effects of Cr on plants have been extensively reported, such as delaying seed
germination, inhibiting root growth, reducing plant height, changing the antioxidative
enzyme activities, nutrient elements uptake, and amino acids content [18,19]. In recent
years, many strategies have been proposed to curtail the negative effects of Cr pollution
on plants, wherein plant growth regulators (PGRs) are considered as one of the most
practical and cost-effective methods [20,21]. However, great difficulties are often faced
in the selection of PGRs and for evaluating their efficiency in field trials [22]. In this
study, we investigated the effect of different nitrogenous compounds as substrates for
synthesizing Pro in Cr(III)-treated rice seedlings using MBMM. The endogenous level of
Pro in plants is highly dependent on the plant’s growth conditions [23]. Previous studies
also demonstrated that the aerial part is the major site of Pro synthesis in rice plants [24,25].
Accordingly, we have also observed a higher concentration of Pro in shoots of rice seedlings
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(Figure 2). On the other hand, Pro concentration increases with an increase in the intensity
of stress until it reaches a threshold level. Pro acts as an excellent osmolyte, a metal chelator,
an antioxidative defense molecule, and a signaling molecule which reduces the effects of
stress conditions [10,25]. Herein, we observed that the accumulation of Pro in shoots of rice
seedlings was dependent on the doses of Cr(III) exposure (Figure 2).

Previously, it has been reported that the content of amino acids, i.e., Pro, in plants is
highly dependent on N nutrition [11]. In addition, plant growth highly depends on the
forms of N present in the growth media, the amount of N available, and the plant species
specifically under stress conditions [26,27]. In our case, we noticed that the response of
Pro content was different between organic N-fed and inorganic N-fed seedlings under
Cr(III) exposure, indicating that the contribution of these N compounds to Pro content
is different [12]. Notably, under ‘Cr(III)+(−NI)’ treatments, relatively higher Pro content
was observed in ‘+NArg’-fed and ‘+NGlu’-fed rice seedlings than ‘−NO’-fed rice seedlings
(Figure 2a). The possible reasons behind the higher Pro accumulation might be the suppli-
cation of arginine and glutamate amino acids, which are the precursors involved in Pro
synthesis [28]. Between Arg and Glu, Arg contributed more to Pro content in rice seedlings
under Cr(III) stress, which suggests that Arg is more effective than Glu in the synthesis of
Pro specifically under stress conditions. This may be due to the degradation of enzymes re-
sponsible for Glu pathway of Pro synthesis under Cr stress. Thus, Arg (ornithine) pathway
is considered as an alternative to the Glu pathway for Pro synthesis, which continues under
stress conditions [29,30] and may have increased Pro content in Arg-treated seedlings. In
addition, Arg plays an important role in the nitrogen (N) cycle because it has the highest
ratio of N to carbon among amino acids [31]. Supplementation of N sources specifically
ammonium increased Pro content in rice seedlings under Cr(III) stress mainly in ‘−NO’
treatments (Figure 2) because Cr stress affects N metabolism which ultimately reduces
Pro synthesis [13]. In addition, ammonium is mostly favored over nitrate by rice plants
which increases Pro over nitrate supplementation. The decreasing trend of Pro in Arg
and Glu supplemented ‘Cr(III)+(+NNO3

−)’ and ‘Cr(III)+(+NNH4
+)’ treatments (Figure 2c,e)

is complex and needs to be studied further. There could be several possible reasons for
this trend; one of the possible reasons is that chromium may react with ammonium to
produce precipitates of chromium hydroxide which limit N uptake and subsequently re-
duce Pro content. The formation of chromium hydroxide led to a further increase in Cr
stress in the solution while plants were already in Cr stress [32]. Moreover, the application
of NO3

− and NH4
+ increased the Pro content in ‘−NO’-fed rice seedlings, but reduced

the Pro content in ‘+NArg’ and ‘+NGlu’-fed seedlings, suggesting that the utilization and
conversion of these inorganic and organic N sources into Pro synthesis in Cr(III)-treated
rice seedlings is different. The content of Pro in both roots and shoots of rice seedlings
under ‘Cr(III)+(+NNH4

+)’ treatments was significantly higher (‘NNH4
+’ > ‘NNO3

−’ > ‘NArg’
> ‘NGlu’) than other treatments, suggesting that ‘NH4

+’ is the preferred N source that
contributes to Pro synthesis in rice plants under Cr(III) stress. Therefore, Cr(III) exposure
did not change the N preference in the rice, because rice is an NH4

+-like crop. The uptake
and assimilation rate of NH4

+ by rice plants is more rapid than other N sources [33,34].
Moreover, NH4

+ is mainly assimilated in rice roots [6], while NO3
− is chiefly assimilated

in rice shoots [35].
In addition, we found that the content of Pro increased in rice shoots under Cr(III)

treatments with ‘+NNO3
−’ or ‘+NNH4

+’ application. However, the content of Pro decreased
in rice shoots under “Cr(III)+(+NNO3

−)” and “Cr(III)+(+NNH4
+)” treatments with ‘+NArg’

or ‘+NGlu’ application. MBMM also suggested that the relatively higher content of Pro
in rice shoots treated with N source alone was higher than that of treated with N source
in combination. This may be due to the (1) application of organic N sources, influencing
the uptake and metabolism of inorganic N in rice seedlings; (2) application of organic
N sources, promoting the catabolism of Pro in rice seedlings. That is to say, the limiting
steps of Pro metabolism in plants are different under Cr(III) stress with different N sources
supplied [10,36]. To maintain the homeostasis of the internal environment, plants should
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rapidly metabolize the Pro to maintain normal N levels against Cr(III) stress [36]. In the
future, more physiological, biochemical, and molecular studies should be carried out to
reveal the effects of different N sources on Pro synthesis under Cr(III) stress.

5. Conclusions

The present study was conducted to analyze the role of endogenous proline as a
bioindicator in the regulation of Cr stress in rice plants grown in different nitrogenous
conditions. The content of Pro in rice seedlings depended on the doses of Cr(III) exposure
and different N sources. The application of ‘NNH4

+’ had the largest contribution to the
content of Pro in rice shoots under Cr(III) stress, while ‘NArg’ application had the largest
contribution to the content of Pro in rice roots under Cr(III) stress. The combined application
of ‘NNH4

+ + NArg’ had the largest contribution to the content of Pro in both roots and shoots
of rice seedlings under Cr(III) stress. In contrast, ‘NNO3

− + NGlu’ application contributed
the least to the content of Pro in Cr(III)-treated rice seedlings. In conclusion, plants can
regulate the content of Pro in plant tissues to cope with the potential threat induced by
Cr(III) exposure under different nutritional N sources.
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Abstract: Heavy metal contamination is a critical factor contributing to soil degradation and poses
significant environmental threats with profound implications for ecosystems and human health.
Soil amendments have become an effective strategy to address these challenges by reducing heavy
metal hazards and remediating contaminated soils. This review offers a comprehensive analysis of
recent advancements in soil amendments for heavy metal-contaminated soils, with a focus on natural,
synthetic, natural-synthetic copolymer, and biological amendments. By thoroughly examining and
contrasting their remediation mechanisms and effects, this study provides a detailed evaluation of
their influence on soil physicochemical properties, leachable heavy metal content, and microbial
communities. Through bibliometric analysis, current research priorities and trends are highlighted,
offering a multidimensional comparison of these amendments and clarifying their varying applicabil-
ity and limitations. Furthermore, this review explores future prospects and the inherent challenges in
soil amendments for heavy metal contamination, aiming to offer valuable insights and theoretical
references for the development and selection of novel, efficient, multifunctional, environmentally
friendly amendments.

Keywords: heavy metal; soil degradation; contaminated soils; soil amendments; bibliometric analysis

1. Introduction

Heavy metals are released into the soil through both natural and anthropogenic
sources [1]. With increasing levels of industrialization and the continuous development of
transportation networks worldwide, industries such as metallurgy, mining, construction
materials manufacturing, and transportation generate a large amount of industrial waste
containing heavy metals. This has led to the entry of heavy metals such as lead (Pb),
mercury (Hg), chromium (Cr), and cadmium (Cd) into the atmosphere, water, and soil,
causing serious environmental pollution [2]. Industrial waste, agricultural fertilizers, spills
from petroleum products, coal combustion, livestock manure, wastewater irrigation, and
urban sewage sludge are all important sources of heavy metals in contaminated soils [3].

Unlike other organic compounds, heavy metals are not easily purified through natural
processes, leading to their accumulation in the environment. This accumulation can have
adverse effects on the biological community, including changes in microbial communities,
accumulation in plants and soil organisms, and risks to animal, plant, and human health [4].
The results of cancer risk studies show that approximately 76% and 15.7% of cancer risks are
caused by high levels of Cd and arsenic (As), respectively [5]. Consuming rice grown in As,
Cd, and Cr-contaminated fields significantly raises the risk of cancer. Mercury deposited in
land and water can form more toxic methylmercury, damaging the central nervous system
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and causing blindness, deafness, and other symptoms [6]. The gradual accumulation of
heavy metals in the soil leads to increasingly severe soil degradation phenomena, such
as weak soil structure, susceptibility to erosion, nutrient loss in plants, and decreased
soil biodiversity [7].

The excessive accumulation of heavy metals in the soil can alter the physical and
chemical properties of the soil. Pearson correlation analysis demonstrated that soil pH,
CaCO3, and clay content are critical factors influencing the binding forms and types of
heavy metals in soil fractions, thereby significantly affecting their bioavailability and chemi-
cal reactivity [8,9]. Heavy metal toxicity disrupts microbial communities by inhibiting their
growth and metabolic activities, reducing diversity and ecological function. This disrup-
tion and altered enzyme activities due to heavy metal interference impair organic matter
decomposition and nutrient cycling. Consequently, these changes adversely affect soil
structure, leading to reduced porosity, compressive strength, and water-holding capacity,
further degrading soil health [3].

Soil contaminated with heavy metals has a detrimental impact on human health and
the ecological environment [1]. Remediating heavy metal-contaminated soil is a growing
area of research. Techniques involve physical, chemical, and biological methods to reduce
pollutant concentrations, immobilize them, and convert them into less harmful forms,
preventing their spread in the ecosystem [1,3,10–13]. Approaches for remediating heavy
metal-contaminated sites are generally categorized into in situ and ex situ technologies.
In situ methods include electrokinetic separation, soil amendment, thermal treatment, in
situ chemical leaching, chemical oxidation-reduction, solidification/stabilization, phytore-
mediation, nanotechnology, and microbial remediation [1,3,14–17]. Ex situ technologies
comprise attrition scrubbing, landfilling, chemical leaching, thermal desorption, co-disposal
in cement kilns, and the use of prefabricated beds [1,11,18]. The United States Environmen-
tal Protection Agency (USEPA) analyzed the remediation technologies utilized at 106 sites,
which were documented in 172 source decision documents from the Superfund program
from 2018 to 2020 [19]. Table 1 summarizes the specific types of soil remediation techniques
selected in these documents. Of the 48 (37%) documents designated for treatment, in situ
remediation technologies accounted for 28% of the total projects, while ex situ remediation
technologies made up 13%. The most selected in situ technologies for soil remediation in
recent years include in situ thermal treatment (ISTT), soil vapor extraction (SVE), solid-
ification/stabilization (S/S), and chemical treatment methods, which encompass in situ
chemical oxidation (ISCO) and in situ chemical reduction (ISCR). For ex situ soil treatment,
S/S and physical separation are the most frequently selected remedies.

When selecting soil remediation techniques for different types of soil pollution, fac-
tors such as remediation objectives, socio-economic conditions, pollution types, pollu-
tion levels, remediation time, and feasibility of the techniques must be considered [11].
Additionally, soil remediation techniques for heavy metal-contaminated sites can be cat-
egorized into physical, chemical, and biological techniques based on their operational
principles [1,3,11–13]. Some of these techniques require the use of soil amendments, such
as weak acids and acid salts, to remove heavy metals [14,20–22].

Soil amendments can be categorized into four main groups based on the source of raw
materials—natural, synthetic, natural-synthetic copolymers, and biological amendments.
Representative examples in each category are summarized as shown in Figure 1 [10]. Table 2
presents a selection of typical soil amendments used for heavy metal soil remediation.
The soil amendments are organized by classification, experiment types, types of heavy
metals in contaminated soils, and remediation effectiveness, along with their corresponding
references. However, both the nature of the amendment and its application have limitations
in remediating heavy metal-contaminated soils. For instance, industrial solid wastes such
as red mud, fly ash, and calcium carbide slag may contribute to secondary pollution in these
soils. Organic amendments can either release nitrogen, reducing the soil’s capacity to retain
organic carbon, or contain high levels of pathogens, parasites, and toxic substances, which
can adversely affect plants and soil organisms to varying degrees. Excessive application
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of organic amendments, particularly biochar, can reduce soil nitrogen availability by
increasing microbial nitrogen demand, raising the carbon–nitrogen ratio, and temporarily
fixing nitrogen, ultimately leading to nitrogen deficiency [23]. However, more research is
needed on the types and amounts of these combinations [24].

Table 1. Soil remedies selected most frequently in recent decision documents (FY 2018–2020) [19].

Selected Remedy Number Percent

Treatment 48 37%
In Situ Treatment 37 28%

Thermal Treatment 14 11%
Soil Vapor Extraction 13 10%

Solidification/Stabilization 8 6%
Chemical Treatment 5 4%

Bioremediation 3 2%
Flushing 2 2%

Multi-phase Extraction 2 2%
Soil Amendments 2 2%

Ex Situ Treatment 17 13%
Solidification/Stabilization 7 5%

Physical Separation 6 5%
Thermal Treatment 2 2%

Containment/Disposal 90 69%
Monitored Natural Attenuation 1 1%
Institutional Controls 98 75%
Other 21 16%

Figure 1. Classification system chart of heavy metal contaminated soil amendments [10].

In this review, we aim to: (1) comprehensively analyze recent advances in soil amend-
ments for heavy metal-contaminated soils, focusing on natural, synthetic, natural-synthetic
copolymers, and biological amendments; (2) investigate and compare their remediation
mechanisms thoroughly, as well as their impacts on soil physicochemical properties, leach-
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able heavy metal contents, and microbial communities; (3) highlight current research
focuses and trends through bibliometric analyses relevant to the soil heavy metal remedia-
tion, providing multidimensional comparisons of these amendments and elucidating their
varying applications and limitations; and (4) explore future prospects and challenges for the
development and selection of novel, highly efficient, and multifunctional environmentally
friendly soil amendments.

Table 2. Some typical soil amendment samples are used for the remediation of heavy metal-
contaminated soils.

Soil Amendments Classification Experiment Types
Heavy
Metals

Remediation Effectiveness Reference

Vermiculite Natural mineral Pot experiments Cu, Cr, Ni

Significantly reduce the
absorption of metal

pollutants by mustard and
spinach plants.

[25]

Cement, Fly ash,
Desulfurization

gypsum

Inorganic solid
waste

Solidification/
Stabilization Cu, Ni

Significantly increase the
compressive strength and

permeability of
contaminated soils.

[26]

Vermicompost,
Leaf compost,

Spent mushroom
compost

Organic solid
waste

Greenhouse
experiments Cd, Cr, Pb, Mn

Decrease the absorption of
Cd, Cr, Pb, and Mn by

plants, promoting plant
growth.

[27]

Lignin, Chitin
Naturally

extracted polymer
compounds

Kinetics
experiments,
Adsorption
experiments

Cu, Fe

Show high adsorption
capacity for metal ions,

especially at low
concentrations.

[28]

Biochar Organic material Field experiments Cd, Pb

Significantly increase the
pH value and total organic
carbon content of the soil

and effectively immobilize
Cd and Pb in the soil.

[29,30]

Polyacrylamide Synthetic Adsorption
experiments Pb, Cr Immobilize Pb and Cr on

the surface of clay minerals. [31]

Chitosan-grafted
poly(acrylamide-

co-acrylic
acid)/biochar

Natural-synthetic
copolymer

Kinetics
experiments,
Adsorption
experiments

Cu

Effectively increase the
adsorption capacity of soils

for heavy metals and
improve the water retention

of soils.

[32]

Pseudomonas
chenduensis Biological Pot experiments Cu, Cd, Pb, Zn

Enhance the role of the
microbial community in

transforming Cd
components and reduce Cd
accumulation in rice grains

and roots.

[33]

2. Bibliometric Analysis of Hotspots and Frontiers on Remediation Materials for Heavy
Metal-Contaminated Soils

Using the Thomson Reuters Web of Science (WOS) database, the search period was
2013–2023, and the search formula was Topic = (heavy metal soil) and (soil remediation)
and (soil amendments) and (materials), and a total of 317 articles were retained in the Web
of Science Core Collection as a data sample for systematic analysis through screening and
de-duplication to remove irrelevant and duplicated literature. Using CiteSpace software
(version 6.16) and Origin 2022 software, the relevant literature published in the last 11 years
was analyzed econometrically.
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Figure 2 shows publication number and citation count trends. The number of publica-
tions is a key indicator of research interest in a field. The citations in Figure 2 represent the
total number of citations to articles on heavy metal-contaminated soil amendments from
2013 to that year. The greater the slope of the line, the more citations there were that year.
The bar chart in Figure 2 illustrates the number of publications each year. From 2013 to
2016, the number of publications and citations in the relevant fields was low. During the
period 2017–2022, the publication and citation number increased rapidly, indicating the
increasing demand for remediation of heavy metal-contaminated soils.

Figure 2. The distribution of citations and publication number by year.

2.1. Country Co-Authorship Analysis

Figure 3 depicts the collaborative network among 61 countries researching soil reme-
diation for heavy metals, with 133 collaborative links. Table 3 ranks the top 10 countries
by publication count. China leads with 155 papers, followed by Spain (35), USA (25),
France (21), and Australia (20), accounting for 78.29% of the total. These countries have
made significant contributions to the field. China’s high publication count suggests a
strong focus on this area. Spain, China, the USA, and Australia have higher centrality,
indicating greater influence. Extensive interconnections in the visualization suggest active
communication and collaboration between researchers worldwide.

Table 3. The top 10 countries in terms of publication volume.

Ranking Count Centrality Countries

1 155 0.57 People’s Republic of China
2 35 0.64 Spain
3 25 0.27 USA
4 21 0.17 France
5 20 0.25 Australia
6 18 0.1 Pakistan
7 16 0.06 South Korea
8 15 0.01 Italy
9 11 0.21 Czech Republic

10 11 0.01 Poland
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Figure 3. Cooperation network of productive countries from 2013 to 2023.

2.2. Keyword Co-Occurrence Analysis

The frequency of keywords in a specific period reflects research hotspots. Emer-
gence analysis with a 1-year time slice using CiteSpace software reveals research progress
and cutting-edge hotspots. Figure 4 displays keyword co-occurrence in heavy metal-
contaminated soil amendments from 2013 to 2023, while Table 4 ranks the top 10 keywords
based on centrality. “Stabilization” has the highest occurrence frequency after “Heavy
metal”, with related terms like “Immobilization”, “Stabilization/solidification”, and “Solid-
ification/stabilization” also in the top ten, indicating a focus on solidification remediation.

Figure 4. A network of keyword co-occurrence from 2013 to 2023.

Table 5 presents the burst intensity, start and end times, and duration of these key-
words. The interval time period is marked by blue lines, while the burst time period of
the keywords is indicated by red lines. The red timeline highlights bursts corresponding
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to highly cited keywords [34]. Table 5 highlights the emergence analysis of keywords in
heavy metal-contaminated soil remediation materials from 2013 to 2023. From 2013 to
2018, initial interest in “organic amendment”, “mine tailing”, and “black carbon” waned,
possibly due to limited effectiveness and concerns about secondary pollution. Between
2021 and 2023, “pollution” and “black carbon” became the most popular amendments,
reflecting a growing concern about secondary pollution and health risks.

Table 4. The top 10 most occurring keywords.

Ranking Count Centrality Keywords

1 191 0.02 Heavy metal
2 105 0.07 Stabilization
3 79 0.04 Fly ash
4 78 0.11 Immobilization
5 59 0.07 MSWI fly ash
6 57 0.13 Stabilization/solidification
7 53 0.15 Solidification/stabilization
8 49 0.11 Cement
9 44 0.15 Portland cement

10 40 0.09 Behavior

Table 5. The top 12 keywords with the strongest citation bursts.

Keywords Year Strength Begin End 2013–2023

organic amendment 2013 4.34 2013 2018  

mine tailing 2013 3.03 2013 2017  

black carbon 2014 2.93 2014 2019  

pollution 2021 2.48 2021 2023  

health risk 2021 2.38 2021 2023  

trace element 2017 2.37 2017 2018  

impact 2019 2.22 2019 2020  

plant 2019 2.22 2019 2020  

risk assessment 2017 2.1 2017 2019  

fractionation 2014 2.05 2018 2019  

paddy soil 2020 2.01 2020 2023  

copper 2014 2 2014 2017  

Keyword clustering analysis is a useful technique for presenting important research
findings. Table 6 and Figure 5 provide information about the keyword clusters and their
associated features. Ten clusters of basic keywords are shown based on graphical and
chronological order, where #0 is the largest clustering. The mean silhouette (S) and modular-
ity (Q) are two crucial metrics for evaluating the quality of co-cited node clusters, reflecting
the “overall structural characteristics” of the clusters within the co-cited network, which
can range from 0 to 1. Higher values of Q signify more effective node clusters, with a Q
value greater than 0.3 suggesting a notable community structure in the network. Similarly,
increased S values indicate greater uniformity among the nodes in a cluster, and typically,
an S value exceeding 0.7 implies that the cluster is highly credible. In this research, Q
and S are 0.498 and 0.739, respectively, which indicates that our network structure has a
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significant community structure and node reliability. The year represents the median year
of all the references within this cluster. Log-likelihood ratio (LLR) is a statistical method
used to identify and analyze relationships between nodes in a network, and CiteSpace
divided these subject categories into 10 clusters using the LLR algorithm [35].

Table 6. Keyword clusters analysis and feature information.

Cluster-ID Count Silhouette Year Top Terms (LLR)

0 47 0.685 2018 lead-zinc smelting slag; heavy metal; solid waste (SW);
material characteristics; cementitious property

1 45 0.635 2017 electrolytic manganese residue; calorimetry; building
materials; fly ash; APC residues

2 40 0.685 2020 red mud; sewage sludge; cotreatment NBSP; arsenic-laden
spent media; environmental risk assessment

3 34 0.866 2014 calcining pretreatment; sulfates; pickling liquor; hazard-free
treatment; Cu/Zn

4 34 0.714 2018 potentially toxic elements; cement; leaching pattern;
hazardous waste management; immobilization mechanisms

5 31 0.783 2018 municipal solid waste; fly ash; MSWI fly ash; hazardous
waste; arsenic contaminated soil

6 30 0.885 2015 tobermorite; air pollution control residues; heavy metal
speciation; reconstructed slag; vitrification

7 24 0.639 2020 pre-treatment; cementitious materials; solidification and
stabilization; cement kiln co-processing; XPS

8 23 0.782 2016 MSWI fly ash; compressive strength; stabilization; hydration
products; uncertainty

9 18 0.793 2016 heavy metal immobilization; alkali-activated technology;
nano-alumina; synergistic effect; gelation

Figure 5. A cluster map of co-cited literature on heavy metal-contaminated soil remediation from
2013 to 2023.

The keyword co-occurrence network diagram for the remediation of heavy metal-
contaminated soil is shown in Figure 5. The size of each node corresponds to the frequency
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of the associated cluster, with larger nodes representing higher frequency [34]. As shown
in Figure 5 and Table 4, there is a noticeable variation in the size of the clusters. The
largest cluster, #0, contains 47 nodes, accounting for approximately 14.4% of the total nodes
of the co-occurrence network. In contrast, cluster #9 is the smallest, with only 18 nodes
representing just 5.5% of the co-citation network. From Figure 5 and Table 4, it can be
observed that the five largest clusters in the heavy metal-contaminated soil remediation
research network are as follows: cluster #0 “soil remediation” (47 occurrences), cluster
#1 “sequential extraction” (45 occurrences), cluster #2 “waste recycling” (40 occurrences),
cluster #3 “adsorption” (34 occurrences), and cluster #4 “antimony” (40 occurrences). The
remaining clusters are detailed in Table 4. These terms represent the current research
hotspots in the field, reflecting the prominent themes from 2013 to 2023.

Figure 6 presents the keyword timeline view, offering insights into the temporal
distribution of keywords. The size of each node is proportional to the frequency of keyword
co-occurrence, while nodes in different colors represent different years. The color of each
cluster label corresponds to the average year of that cluster [35]. From Figure 6, the
following conclusions can be drawn. Studies conducted between 2013 and 2016 primarily
focused on organic amendments, chemical leaching, and chemical oxidation-reduction
processes (clusters #3, #6, #8, #9). However, following the promulgation of policies related to
soil remediation and the recognition of limitations in some chemical methods, research from
2016 to 2023 gradually shifted towards solid waste reuse and stabilization/solidification
(clusters #0, #1, #2, #4, #7). Phytoremediation (cluster #5) has garnered significant attention
due to its low cost and minimal environmental impact.

Figure 6. Timeline visualization of the 10 clusters of document co-citations from 2013 to 2023 based
on 1-year slices.

3. Natural Soil Amendments

3.1. Inorganic Soil Amendments
3.1.1. Natural Mineral

Common natural minerals used for remediating heavy metal-contaminated soils
primarily include clay minerals and natural zeolites. Due to their ion exchange properties,
natural zeolites are highly effective at adsorbing metal cations [36]. Among natural zeolites,
clinoptilolite is most commonly used for heavy metal adsorption, followed by mordenite
and chabazite. Clinoptilolite, the most widely utilized, is particularly effective in removing
metals such as Pb, copper (Cu), zinc (Zn), Cd, and nickel (Ni) [37]. Zeolites are porous
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hydrated aluminosilicates characterized by their molecular sieve properties, which arise
from their well-defined network structure [38].

Clay minerals, broadly categorized as hydrous aluminosilicates, form the colloidal
portion of soils, sediments, rocks, and water. Known for their strong ion exchange and
adsorption capacities, these minerals are key natural adsorbents for heavy metals, playing
a crucial role in the remediation of soils contaminated with such pollutants. In agricultural
soil remediation, sepiolite has been the most frequently used amendment, followed by paly-
gorskite and bentonite [39]. Bentonite minerals consist of montmorillonite units arranged in
a 2:1 layered structure of silica sheets. They have a large surface area, high cation exchange
capacity, and a negative charge, making them effective adsorbents [40]. Palygorskite, also
known as attapulgite, is a magnesium aluminum phyllosilicate. Its surface hydroxyl groups
can form inner-sphere complexes with Cd2+ ions, while deprotonated hydroxyl groups
can create outer-sphere complexes through electrostatic binding, effectively reducing Cd
availability in the soil [41].

Based on the natural mineral substance structure and adsorption principle, the re-
mediation of heavy metal-contaminated soil mainly includes the following methods:
(1) improving soil structure. Bentonite, mainly composed of montmorillonite, has cer-
tain expansion, dispersion, and adhesiveness. Adding it to the soil can increase the number
of aggregates, increase soil porosity, and reduce soil bulk density [42]. (2) adjusting soil pH
value. Bentonite is a porous, fibrous, hydrated magnesium silicate. Its structure consists of
two tetrahedral silica sheets sandwiching an octahedral magnesium/hydroxide sheet [39].
Bentonite alters soil pH and heavy metal retention through adsorption and ion exchange
mechanisms. At low pH, metal retention is mainly due to surface deprotonation and ion
exchange, while at higher pH, metal ion precipitation further enhances retention, especially
for Cu and Zn [41,43]. Lime, as an alkaline calcium compound, can raise the pH value of
acidic soil contaminated with heavy metals through neutralization reactions and reduce
the solubility and mobility of heavy metals in the soil [44]. Zeolite has the capacity to
adsorb Na+ and Cl− from the soil, which effectively reduces soil salinity and alleviates the
impacts of salinization. Additionally, zeolite can buffer the pH levels of saline-alkali soils.
At high pH, the primary effect is the conversion of toxic inorganic compounds into poorly
soluble hydrated oxides and carbonates, thereby mitigating their potential toxicity and
improving soil quality [45]. (3) adsorbing heavy metals. Additionally, zeolite is a potent
natural adsorbent for heavy metals like Cu2+, Zn2+, and Ni2+, with adsorption efficiency
influenced by soil pH. The equilibrium adsorption tests were conducted by mixing sieved
and dried zeolite particles with solutions containing various heavy metals at different pH
levels. The flasks were shaken at a constant temperature for a duration of four days. The
residual concentration of heavy metals in the solution is measured at the end of the reaction.
The difference between the initial heavy metal concentration and the residual concentration
represents the quantity of heavy metals that have been adsorbed, which indicates that
adjusting pH can optimize the adsorption process for practical applications. Tests indi-
cate that zeolite’s removal of these metals depends on pH, with higher pH (around 2–3)
enhancing adsorption capacity, as seen in Figure 7 [45].

Bentonite and kaolin are widely used for heavy metal adsorption, with varying
effectiveness for Pb2+, Cu2+, and Zn2+. Higher H+ on clay surfaces and reduced metal ion
precipitation at high pH levels decrease heavy metal retention in clay-metal systems. Clay
suspension samples were prepared by conducting batch equilibrium tests, in which kaolin
or bentonite was mixed with heavy metal solutions at a specified metal ion concentration.
After shaking for a predetermined duration, the suspension samples were centrifuged
and filtered to separate the liquid phase from the solid phase. Bentonite’s adsorption of
heavy metals follows Temkin and Langmuir models over a wide concentration range, while
kaolin follows Freundlich and Langmuir models. The Temkin isotherm is highly effective
for predicting gas-phase equilibrium but may be less suitable for more complex adsorption
systems. The isotherm can be described as Equation (1).
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Temkin: S = Bln(A T) + BlnCe (1)

where AT denotes the Temkin isotherm equilibrium binding constant (L/mM) and B (J/mol)
represents the constant related to the heat of sorption.

The Freundlich isotherm is commonly applied to multilayer adsorption on heteroge-
neous surfaces and can be expressed in its linearized form by Equation (2).

Freundlich: lnS = lnK + nlnCe (2)

In the equation, S (mmol/g) represents the specific adsorption coefficient of heavy
metal ions per unit mass of soil. K (mmol1−n g−1 Ln) represents the Freundlich adsorption
capacity coefficient. n (dimensionless) is the adsorption constant, which measures the
adsorption strength or surface heterogeneity when 0 < n < 1. When n < 1, it represents
a chemical adsorption process, and when n > 1, it represents a cooperative adsorption
process. Ce (mmol/L) represents the final concentration of heavy metal ions after 48 h of
solid/liquid equilibrium.

×

(a) 

×

(b) 

Figure 7. Cont.
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×

(c) 

×

(d) 

Figure 7. Experimental metal pH-adsorption edges at various zeolite concentrations: (a,b) Cu2+;
(c) Zn2+; (d) Ni2+ [45].

Contrary to the Freundlich model, the Langmuir adsorption isotherm is typically
used to describe monolayer adsorption and homogeneous adsorption. Its mathematical
expression is shown in Equation (3) [43].

Langmuir: Ce/S = 1/(bS max) + (1/S max)Ce (3)

In the equation, Smax (mM g−1) represents the maximum Langmuir adsorption capac-
ity, and b (1/Mm) represents the Langmuir model constant.

Vermiculite is a widely available natural clay. Zhao et al. [46] conducted column
immersion tests to study the effects of coexisting cations and evaluate the practical per-
formance of vermiculite in heavy metal removal. They found that vermiculite had a
good effect on removing heavy metals. Malandrino et al. [25] conducted pot experiments
and demonstrated that adding vermiculite significantly reduced the absorption of metal
pollutants by lettuce and spinach plants, confirming its potential for the remediation of
metal-contaminated soils. Furthermore, zeolite can retain water. Adding zeolite to soil can
improve its water retention capacity. It can also enhance the physicochemical properties
and hydraulic parameters of the soil, thereby reducing nutrient loss [47].
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Natural minerals encounter theoretical and technical challenges in practical use, in-
cluding managing application rates, methods, and timing and limitations in available
reserves for large-scale applications. Studying the ideal application rates for single amend-
ments and the optimal ratios for composite amendments can significantly enhance the
efficiency of remediating heavy metal-contaminated soil.

3.1.2. Inorganic Solid Waste

Inorganic solid waste can be categorized into six main groups based on their origin,
such as the electric power industry, non-ferrous metal mining industry, thermal industry,
metal processing and smelting industry, paper printing industry, and other industries.
Table 7 shows the classification of inorganic industrial solid waste.

Table 7. The classification of inorganic industrial solid waste.

Industry Source Name of Solid Waste References

Electric power industry Slag, desulfurization gypsum, fly ash, etc. [15,26,48,49]
Non-ferrous metal mining industry Tailings, coal gangue, limestone, gypsum, etc. [50–53]

Thermal industry Fly ash, slag, dust, etc. [15,48,52,54,55]
Metal processing and smelting industry Blast furnace slag, steel slag, dust, sludge, etc. [56–59]

Paper printing industry Deinking residue, plastic debris, tailings, etc. [50,60,61]
Other industries Waste clay, nuclear waste residue, etc. [62,63]

Inorganic solid waste is primarily used in soil as an amendment or stabilizer, offering
solidification and stabilization effects. These wastes include stabilization and solidification
agents. Stabilization agents reduce heavy metal mobility and solubility in contaminated
soil without altering soil particle strength or permeability significantly. Solidification agents
bind contaminated soil particles, forming a strong, low-permeability solid mass, effectively
fixing heavy metals [64].

Inorganic solid waste amendments commonly used for soil improvement include
carbide slag, fly ash, and cement. The remedial effects of inorganic solid waste amendments
on heavy metal-contaminated soil are primarily evident in the following three aspects:
(1) Improving the physical and chemical properties of the soil. Sun et al. [41] found that
incorporating carbide slag into copper (Cu)-contaminated soil can increase the uncon-
fined compressive strength (UCS) and pH value, which helps alleviate soil acidification.
Wang et al. [26] investigated the effect of a new composite cementitious material consisting
of cement, fly ash, and desulfurization gypsum (CFG) on the compressive strength and
impermeability of contaminated soil containing different concentrations of nickel (Ni) and
Cu. The ratios of total Ni content to dry soil mass used in this study were 0%, 0.02%, 0.4%,
and 1%, while the ratios of total Cu content to dry soil mass were 0% and 1%, resulting in
six heavy metal levels: Ni 0 Cu 0, Ni 0.02, Ni 0.4, Ni 1, Cu 1, and Ni 1 Cu 1. Figures 8 and 9
show that unconfined compressive strength (UCS) decreases with increasing heavy metal
concentration. Figure 8 indicates that CFG content between 8% and 15% enhances soil
strength by forming gel-like hydrates that fill soil pores. Figure 9 illustrates the long-term
benefits of CFG for the solidification of Ni-Cu-contaminated soils. The study conducted by
Chang et al. [64] utilized three different leaching tests to determine the concentration of Cr
in the leachate of cement powder and cement mortar at various substitution levels. The
results of the experiment showed that cement mortar can reduce the leaching of Cr through
the hydration process and enhance its encapsulation. Co-processing in cement kilns is an
effective alternative method for the remediation of heavy metal-contaminated soil.

(2) Increasing the number of soil microorganisms and enhancing enzyme activity. Fly
ash, a byproduct of coal-fired power plants, has traditionally been considered a problematic
solid waste. However, some studies have suggested that fly ash can be used as a soil
amendment to improve the physical, chemical, and biological properties of degraded soil
and serve as a source of both micro and macro-nutrients for plants [65]. Fly ash contains
trace amounts of toxic elements and heavy metals, with aluminum (Al) mostly bound in
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insoluble aluminosilicate structures, which limits its biological toxicity. Additionally, fly ash
contains macro and micronutrients, making it an effective soil amendment for improving
soil health and crop yield [55]. For instance, Nayak et al. [55] conducted a pot experiment
to investigate the effects of fly ash application on microbial reactions, soil enzyme activity,
and heavy metal accumulation in soil and rice. The experiment found varying microbial
responses to fly ash application rates. Fungi and actinomycetes decreased with higher
fly ash rates, while aerobic heterotrophic bacteria remained stable until a 40% fly ash
application. Total microbial activity and denitrifies increased initially but plateaued after
40%. Alkaline and acid phosphatase activities decreased with fly ash. Applying 10–20% fly
ash by soil volume can boost trace elements, microbial activity, and crop yield. However,
high fly ash levels may induce oxidative stress in rice plants, mitigated by antioxidants and
enzymes. Lower fly ash doses show promise in enhancing methane-producing bacteria and
rice yields in nutrient-poor soils [66]. (3) The application of ash-fly ash mixture (AFAM)
improves soil fertility by improving soil structure and increasing porosity and water
retention. These mixtures also act as liming agents, neutralizing acidic soils and making
essential nutrients more accessible. In addition, they provide plant-friendly micronutrients
while immobilizing heavy metals, thereby reducing their bioavailability and potential
toxicity in the soil [67].

However, there are limitations in the use of inorganic solid waste in the process of
remediating heavy metal-contaminated soil. For example, fly ash has a strong adsorption
and fixation effect on the added phosphorus (P), which leads to low effectiveness of P
in fly ash [68]. Additionally, the high effectiveness of boron (B) in fly ash is detrimental
to crop growth. Applying high doses of fly ash can worsen heavy metal pollution and
hinder microbial activity. Therefore, adjusting the proportion of fly ash application can
help avoid adverse effects on crops [65]. The proportion of inorganic solid waste appli-
cation significantly affects the remediation effect. Applying high doses of fly ash can
lead to the accumulation of toxic metals in the soil and inhibit the growth and activity of
microorganisms [55].

Figure 8. The relationship between curing agent content and UCS [26].
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Figure 9. The relationship between curing time and UCS [26].

3.2. Organic Soil Amendments
3.2.1. Organic Solid Waste

Organic solid waste can include sewage sludge, municipal solid waste, food waste,
kitchen waste, garden waste, agricultural waste, and animal waste [69]. Organic solid
waste consists of biodegradable organic matter with a water content below 85–90%. Waste
like paper sludge, sewage sludge, urban solid waste, crop straw, green manure, and
animal manure can serve as organic soil amendments, particularly useful in addressing
heavy metal pollution. The role of organic solid waste in improving the remediation
of heavy metal-contaminated soil can be observed in several aspects. (1) It improves
the physical and chemical properties of the soil. Municipal solid waste compost and
cow manure are commonly used as organic fertilizers in agricultural production and
horticultural cultivation. Studies have shown that under greenhouse conditions, these two
types of organic solid waste significantly decrease the soil pH and increase the electrical
conductivity (EC), which depends on the raw materials and ion concentrations of the
compost [70,71]. (2) It reduces the bioavailability of heavy metals in the soil. Research
conducted by Alam et al. found that a mixture of vermicompost (VC), leaf compost
(LC), and spent mushroom compost (SMC) in equal proportions can raise the pH of
heavy metal-contaminated soil, thereby reducing the bioavailability and mobility of heavy
metals in the soil [27,72]. This effectively decreases the absorption of Cd, Cr, Pb, and Mn
by plants, promoting plant growth [27]. (3) It improves the biological characteristics of
contaminated soil. Incorporating straw into the soil enhances its biological characteristics
by altering the bacterial and fungal community structure and increasing the biomass of
bacteria and fungi. This, in turn, accelerates straw decomposition [73]. Additionally,
the activities of soil phosphatase, urease, and transformation enzymes increase with the
application of straw incorporation [74]. Furthermore, the application of biogas residue
and compost improves several soil microbial characteristics, such as substrate-induced
respiration, potential ammonium oxidation, and nitrogen mineralization [75]. Research
has also shown that sewage sludge can serve as a barrier for heavy metal pollutants in
solid waste landfill sites, hindering the ion migration of heavy metal pollutants [58]. The
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relationship between ion strength and electrical conductivity has been summarized by
Griffin and Jurinak [76] with a correlation coefficient of 0.996.

I = 0.013EC (4)

In the equation, I (mol/L) represents ionic strength, and EC (mmhos/cm) repre-
sents conductivity.

The compacted sewage sludge hinders the migration of heavy metal ions due to
the anaerobic neutral to weakly alkaline conditions caused by microbial respiration [58].
(4) Furthermore, it enhances soil fertility and promotes plant growth. Green manure, as a
main organic fertilizer, has been widely proposed as a sustainable method for ecological
restoration and improving soil fertility in degraded environments [77]. Leguminous green
manure is an important source of carbon (C) and nitrogen (N) in the cropping system, and
the biochar derived from leguminous green manure can be used as a soil amendment to en-
hance soil fertility [23]. In addition, the organic acids released during straw decomposition
can activate inorganic phosphorus, making it a new source of nutrients [78].

Although organic solid waste can improve heavy metal-contaminated soil, it also has
some negative impacts. Chen et al. [23] found that leguminous green manure can quickly
release N through rapid turnover, but it limits the effectiveness of maintaining organic
carbon in the soil. In addition, the high carbon-to-nitrogen ratio of sewage sludge can
increase the extractable content of Zn, Cu, Cr, and Cu in the soil. Moreover, untreated
sludge contains numerous pathogens, parasites, and toxic substances, which can have
varying degrees of toxic effects on plants and organisms in the soil. When applying straw,
attention should be paid to the dosage, as excessive straw can lead to nitrogen deficiency
in crops; hence, it is best to use it in combination with nitrogen fertilizer.

3.2.2. Naturally Extracted Polymer Compounds

Naturally extracted polymer compounds (NEPCs) are high molecular weight sub-
stances obtained from natural sources or minerals by chemical processes involving bio-
chemical or photosynthetic mechanisms. Common NEPCs used to amend heavy metal-
contaminated soils include lignin, cellulose, and chitin.

Derived from plant biomass, particularly fibers and wood pulp, lignin is a byproduct
of industries such as paper and wood. It shows significant potential in improving heavy
clay and sandy soils. Lignin, a major component alongside cellulose in plant tissues,
consists of hydrophilic and hydrophobic groups, contributing to its high organic molecular
weight. Studies by Cai et al. [79] have investigated lignin-treated sludge, evaluating
parameters such as particle size distribution, Atterberg limits, compaction characteristics,
unconfined compressive strength, pH levels, and resistivity. Enhanced soil performance
attributed to lignin treatment is linked to the formation of a more stable soil structure
through cation exchange and lignin bonding. Lignin’s ability to fill soil pores and improve
strength, permeability, and durability is facilitated by hydrolysis reactions, ion exchange
mechanisms, and electrostatic forces [79–82].

Similarly, cellulose, a polysaccharide found in plant cell walls, enhances soil structure
and moisture retention, benefiting plant growth [83–86]. Chitin, a polymer found in fungal
cell walls and exoskeletons of insects and crustaceans, contributes to soil fertility and
biological activity, offering potential in sustainable agriculture practices [28,87–89].

These NEPCs collectively contribute to (1) improvement in soil properties—enhancing
physical, mechanical, and resistivity characteristics; (2) reduction in heavy metal ion
concentrations—immobilizing heavy metal ions in the soil, thereby reducing their availabil-
ity and toxicity; (3) additionally, it can change the soil’s microbial communities, enhancing
their ability to suppress harmful microorganisms; (4) improving the carbon-to-nitrogen
ratio in the soil enhances plant growth and increases crop yield. However, lignin, cellulose,
and chitin can also have different negative effects on contaminated soils. For example,
lignin and cellulose have complex structures and are more difficult for microorganisms
to degrade, leading to their persistence in the soil [81,82,85,86]. Decomposition of chitin
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may increase soil acidity, interfering with plant growth and soil microbial activity [28,88].
Therefore, further research and trials are needed on the dosage and ratios of amendments
to be used.

3.2.3. Organic Material

Biochar is a material rich in organic carbon that is produced by the pyrolysis of
agricultural biomass waste, such as wood chips or crop straw, in a limited oxygen environ-
ment [29]. Numerous studies have confirmed that biochar can immobilize heavy metals
in the soil and reduce their accumulation in plants. This is mainly attributed to the high
porosity, active functional groups, high pH value, and cation exchange capacity (CEC) of
biochar [29,30,90,91]. Additionally, the application of biochar and modified biochar in the
remediation of heavy metal-contaminated soil has shown good economic benefits [92,93].
For example, biochar made from sludge can not only reduce the huge treatment costs of
urban sludge but also recover energy through further processing (such as sludge pyrolysis),
promoting sustainable development [94]. Biochar can serve as an organic amendment for
heavy metal-contaminated soil, with the following specific functions: (1) improving the
physical and chemical properties of the soil. Biochar application can positively influence
soil thermal properties by enhancing soil water retention and increasing soil moisture
content [95]. Furthermore, biochar is an alkaline material that can increase the pH value
of acid-contaminated soil [96]. Wang et al. [97] conducted pot experiments and found
that wood-based biochar, bamboo-based biochar, straw-based biochar, and walnut shell-
based biochar all significantly improved soil electrical conductivity. The pH and cation
exchange capacity (CEC) of soil are interrelated. Biochar composites raise the soil pH,
increasing CEC and improving binding with the negatively charged functional parts of
organic matter [94]. Githinji and Berihun [98,99] found that the application of biochar to the
soil significantly reduced soil bulk density and increased total porosity, soil pH value, total
nitrogen, soil organic carbon, and available phosphorus and potassium (K) through experi-
ments. (2) Adsorbing heavy metals in the soil and reducing their accumulation in plants.
Biochar’s complex humic substances and mineral oxides co-precipitate, creating inner-
sphere complexes that exchange heavy metals with cations like Ca2+ and Mg2+. Biochar’s
adsorption on heavy metal-contaminated soil may vary depending on soil type and cation
presence [91]. Bian et al. [29,30] conducted a study on rice fields contaminated with heavy
metals, where they applied a soil amendment called biochar. After using biochar, the
soil’s pH and total organic carbon content increased significantly and stayed higher. This
helped immobilize Cd and Pb in the soil, as Al, iron (Fe), and phosphorus (P) minerals
combined with the contaminated biochar particles. Kim et al. [100] investigated the effect
of biochar on heavy metal content in paddy soil and the accumulation of heavy metals in
rice through a pot experiment. Their research demonstrated that mineral components such
as phosphate and carbonate in biochar can precipitate together with heavy metals. Park
et al. [101,102] found that peat moss biochar reduced the mobility and bioavailability of
Cu, Cd, and Pb through coordination between metal electrons and chemical bonds. The
presence of functional groups in the biochar and their affinity to bind with heavy metal
ions lowered their bioavailability. (3) Biochar has an impact on soil microbial populations
and activity. Some studies have shown that the dosage of biochar affects the abundance
and activity of soil microbial species. At a low concentration of 1% biochar, the relative
abundance of bacteria and fungi species increases, while at a higher application rate of 5%,
their abundance decreases [103]. The application of biochar to soil can further alter the
composition of microbial communities and increase diversity, thereby stimulating specific
microbial processes [104]. This enhances soil biochemical cycling through the interac-
tion between rhizobia and bacteria, promoting nutrient absorption and crop yield [93].
(4) Moreover, biochar has been found to promote plant growth and increase crop yield.
Wang et al. [97] conducted a pot experiment and found that, apart from bamboo biochar,
all other types of biochar increased the dry weight of bamboo compared to the control
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group. Abulaiti et al. [105] applied biochar to rice fields and observed a significant increase
in the net photosynthesis rate, transpiration rate, and grain yield of rice.

Biological charcoal makes significant contributions to improving heavy metal-contaminated
soil. However, it is important to consider the application dosage. Research shows that
as the dosage of biological charcoal increases, the adsorption of nitrogen by biological
charcoal can lead to a decrease in available nitrogen content in the soil, affecting the soil’s
nutritional status and thus reducing plant growth rate [90].

4. Synthetic Soil Amendments

Synthetic soil amendments are large organic polymers designed to mimic natural
amendments. Research on these synthetics, like polyacrylamide and polyvinyl alcohol
resin, is a focal point in both domestic and international studies [10]. Among them, poly-
acrylamide (referred to as PAM) is a widely used artificial synthetic amendment in recent
years. Its main mechanisms for soil improvement are as follows: (1) improving the physical
properties of the soil. PAM is a water-soluble synthetic polymer composed of repeat units
with amide functional groups. The amide groups are non-ionizable, but by introducing
anionic or cationic functional groups, the PAM macromolecules can carry charges and form
the ionic form of the polymer [106]. Rabiee et al. [107] used free radical polymerization to
produce anionic PAM with metal cations and found that anionic PAM can form a compos-
ite material with soil structure, enhancing the adhesive force between soil and polymer
functional groups, agglomerating soil components, and increasing soil strength. Sandy
soils contaminated with heavy metals have poor water-holding capacity, and water and
nutrients are easily lost [108]. PAM notably boosted the slope of the soil moisture curve’s
inflection point, enhancing water retention and decreasing hydraulic conductivity in sandy
soil, thus improving its physical properties. Additionally, PAM reduces soil salinity and
bulk density while increasing organic matter, water-stable aggregates, and macroaggregate
content [105]. (2) Adsorb heavy metals and reduce the bioavailability of heavy metals to
organisms. Wiśniewska and Fijałkowska et al. [106] demonstrated through electrokinetic
and potentiometric titration measurements by analyzing the solution pH, mineral type,
different ionic types of PAM, properties of heavy metal ions, and the order of adsorbent
addition, that anionic PAM and cationic PAM have different adsorption capacities at dif-
ferent pH values. Both anionic PAM and cationic PAM can immobilize Pb and Cr on the
surface of clay minerals [31]. Superabsorbent polymers are loosely cross-linked polymer
chain networks with high hydrophilicity, which can absorb and retain water or aqueous
solutions up to several hundred times their weight [109]. Applying PAM to soil can reduce
the uptake of Cr, Cu, Pb, and Zn by potato (Solanum tuberosum L.) plants irrigated with
wastewater [109,110]. (3) Influence the activity of microorganisms and enzymes in the
soil. PAM can affect the growth and respiration of microorganisms by lowering the soil
pH and altering the chemical properties of the soil. PAM can be decomposed by some
microorganisms in the soil, such as Bacillus subtilis, as a source of carbon and nitrogen,
promoting microbial reproduction and increasing their population [111]. (4) Reduce the
loss of nitrogen in the soil and increase crop yield. PAM can also increase the net photo-
synthetic rate, transpiration rate, and stomatal conductance of rice, positively impacting
rice yield [105].

However, PAM has limitations as a soil amendment for heavy metal pollution. Its in-
termediate product, acrylamide, is toxic, and excessive use may lead to secondary pollution
in heavy metal-contaminated soil. Further research is needed to determine the appropriate
application rate of PAM.

5. Natural-Synthetic Copolymer Soil Amendments

Natural-synthetic copolymers like humic acid-polyacrylic acid, cellulose-polyacrylamide,
and others can be used to remediate heavy metal-contaminated soil [32,85,112–115]. Due to
their high molecular weight and numerous functional groups, natural-synthetic copolymer
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amendments play an important role in absorbing heavy metal elements. Thus, polymer-based
nanocomposites can be used to immobilize metal ions in contaminated soil [32,85,112–115].

The main improvements of natural-synthetic copolymer soil amendments on heavy
metal-polluted soil can be summarized as follows: (1) adsorption and fixation of heavy
metals in the soil, reducing the effective accumulation of heavy metals in the soil and plants.
Mahdavi et al. [116] developed a novel and inexpensive polymer nanocomposite material
called polyacrylamide-polyvinyl styrene/montmorillonite. This modifier is prepared by in
situ polymerization of acrylamide and styrene between the interlayers of montmorillonite
through free radical polymerization [116]. Guleria et al. [85] developed a cellulose-g-
poly(acrylamide-co-acrylic acid) copolymer and tested its strong adsorption capacity for
Cd, Cu, Pb, and Zn by varying pH, contact time, temperature, and metal ion concentration.
The reaction steps for synthesizing cellulose-grafted copolymers are shown in Figure 10.

 
Figure 10. Reaction steps for the synthesis of cellulose graft copolymers [85].

Zhou et al. [113] prepared polyacrylamide/montmorillonite by solution polymeriza-
tion of acrylamide on γ-methacryloxypropyltrimethoxysilane-modified montmorillonite.
Chemical leaching is a remediation technique for heavy metal-polluted soil using chelating
agents to leach the contaminated soil [1]. However, chelating agents used in chemical
leaching may cause secondary pollution to the soil. Therefore, Zhao et al. [112] studied a
biodegradable lignin-based poly(acrylic acid) composite material (LBPAA). It can transfer
Cd2+ and Pb2+ ions from the soil to the eluent, making it a new environmentally friendly
composite material. (2) Improve the physical properties of soil to enhance its water reten-
tion and soil conservation ability. Li et al. [32] developed a multifunctional microsphere
heavy metal-contaminated soil amendment called chitosan-grafted poly(acrylamide-co-
acrylic acid)/biochar (CPB). CPB greatly enhances the soil’s ability to adsorb heavy metals.
Its dense porous structure, which includes N-methylene bisacrylamide and hydrophilic
biochar, reduces water loss, improves water retention, and enhances soil’s physical prop-
erties. Basuki et al. [114] used gamma rays to synthesize soil amendments by grafting
chitosan-acrylamide copolymer, and the research showed that this amendment reduced
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the bulk density of soil, enhanced its water retention capacity, and increased porosity. (3)
Control and release nitrogen sources in soil. Niu and Li [115] prepared starch-g-poly(vinyl
acetate) (St-g-PVAc), which is a biodegradable carrier material through graft copolymer-
ization of starch and vinyl acetate. It exhibits relatively low swelling, high encapsulation
capacity, and a slow release rate.

6. Biological Soil Amendments

Bioremediation is a great option for fixing heavy metal-contaminated soil. It uses mi-
crobial amendments to remove heavy metals, offering economic and ecological benefits with
minimal negative impacts [1,117]. Microbial remediation of heavy metal-contaminated soil
occurs through the biological activity of microorganisms, which adsorb or transform heavy
metals into less toxic products [117]. This process primarily involves mechanisms such as
biosorption, biovolatilization, bioleaching, bioaccumulation, and biomineralization [118].

Bioremediation agents are suitable for repairing large areas with relatively low pol-
lutant concentrations in shallow sites. The main effects of bioremediation are: (1) im-
proving the physical and chemical properties of soil. Liu et al. [119] added feces to
oil-contaminated soil to biostimulate the local microorganisms for bioremediation. The
use of the Pseudomonas chenduensis strain MBR for microbial remediation of heavy metal-
contaminated soil demonstrated that adding MBR can improve the total phosphorus, total
carbon, total nitrogen, and pH value of the soil while also increasing the dry weight of
grains [33]. (2) To reduce the overall bioavailable fraction of heavy metals in contaminated
soil and decrease their toxicity, microorganisms can transform heavy metals from one
oxidation state or organic compound to another [12]. Aspergillus niger produces metal-
solubilizing organic acids, which can leach heavy metals like Cu, Cd, Pb, and Zn from the
soil, removing their exchangeable forms and other compounds. Microbial leaching for biore-
mediation is more effective and cost-efficient than chemical leaching [120]. Peng et al. [13]
used Rhodobacter bacteria to decrease the bioavailable fractions of Cd and Zn in their ex-
changeable and carbonate-bound phases while increasing the more stable forms, such as
iron/manganese oxides and organic complexes. After wheat seedling experiments with
Fusarium solani, Cd uptake by plants decreased, and exchangeable Cd and Zn in contam-
inated soil dropped by 30.7% and 100.0%, respectively. Li et al. [33] used Pseudomonas
chenduensis strain MBR (referred to as strain MBR) to bioremediate Cd-contaminated paddy
soil, and the results showed that the addition of strain MBR enhanced the role of the micro-
bial community in transforming Cd components, significantly reducing Cd accumulation
in rice grains and roots. (3) Increasing the quantity of microorganisms in the soil promotes
the diversification of soil microbial communities. Liu et al. [119] conducted experiments
to demonstrate that soil treated with microbial remediation had significantly increased
numbers of heterotrophic bacteria, polycyclic aromatic hydrocarbon-degrading bacteria,
and total petroleum hydrocarbon-degrading bacteria. The microbial activity, species, and
diversity were all enhanced. (4) Enhancing plant growth and making plants more robust
can increase their resistance to pathogenic bacteria. Basyal and Emery [121] conducted
in-depth research on the plant-arbuscular mycorrhizal fungi (AMF) symbiotic system and
found that AMF can increase leaf number, root biomass, cellulose, and hemicellulose con-
tent in plants. This promotes plant growth and improves key indicators related to plant
growth and cell wall chemistry, with the most significant effects observed under low soil
moisture conditions.

Biological agents have limits in remediation. Microbes can change heavy metals into
less toxic forms but cannot remove them from the soil, requiring additional extraction
methods [12]. Additionally, microbial remediation is influenced by environmental con-
ditions, requires extended remediation periods, and is not suitable for soils with high
contamination levels or low permeability [117].
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7. Conclusions and Recommendations

This review synthesizes recent research on soil amendments for mitigating heavy
metal contamination, emphasizing their impacts on soil properties, heavy metal concen-
trations, microbial communities, and crop yields. The selection criteria for amendments
are based on their efficacy, application timing, cost-effectiveness, and ecological advan-
tages. Soil amendments for heavy metal-contaminated soils exhibit several key effects:
(1) They enhance soil structural integrity, improve water retention and nutrient holding
capacity, modify pH levels, and ameliorate other physicochemical properties. (2) They
diminish the availability and mobility of heavy metals such as Cu, Ni, Cd, Cr, Pb, Zn,
and Co by converting them into less toxic forms, thereby reducing their uptake by plants.
(3) They stimulate soil microbial populations, modify microbial community composition
and structure, increase community diversity, and boost enzyme activity. (4) They enhance
soil fertility, adjust carbon-to-nitrogen ratios, promote plant growth, and subsequently
increase crop yields.

There is a notable deficiency of multifunctional, cost-effective, and environmentally
benign soil amendments for heavy metal-contaminated soils. The limitations of current
approaches are as follows: (1) Natural mineral amendments are constrained by their limited
effectiveness and availability, resulting in suboptimal efficiency. (2) Amendments derived
from inorganic and organic solid wastes may introduce secondary pollution and inhibit
microbial and enzymatic activities due to challenges in dosage control. (3) Artificially syn-
thesized amendments are expensive to produce, and some intermediate products present
potential pollution risks. (4) Biological amendments are unable to completely eliminate
heavy metals and exhibit delayed effectiveness over extended testing periods. (5) While
natural-synthetic copolymer amendments demonstrate high efficiency, further research is
required to elucidate their synthesis, underlying mechanisms, and economic feasibility.

Based on the applicability and limitations of the aforementioned soil amendments,
we propose the following recommendations: (1) Investigate the mechanisms and impacts
of various soil amendments on heavy metal-contaminated soils, with consideration given
to pollution control requirements and cost factors associated with industrial production,
transportation, and agricultural application. Emphasize the development of cost-effective
and environmentally friendly amendments while prioritizing both cost reduction and envi-
ronmental protection. (2) Relying on a single amendment may yield limited effectiveness.
It is advisable to explore combinations of amendments, such as mixing inorganic-organic
solid wastes or integrating biological amendments with agricultural and industrial byprod-
ucts. Combining different types of amendments can address the limitations of individual
treatments. Employing orthogonal experimental designs can assist in identifying optimal
combinations and proportions to enhance effectiveness and functionality. (3) While current
research predominantly focuses on soil physicochemical properties, heavy metal removal,
biological characteristics, and crop yield improvements, further investigation is warranted
into the changes in soil properties and biological dynamics before and after remediation, as
well as the mechanisms of soil–plant interactions. (4) The effectiveness of soil amendments
for remediating heavy metal-contaminated soils may vary across different climates and
terrains. Most studies are conducted in laboratory settings, small plots, or greenhouses,
which may not accurately predict performance in larger outdoor environments. It is crucial
to undertake more large-scale field experiments to better understand the real-world effects
of these amendments. (5) Ensure the maintenance of remediated soils, establish compre-
hensive soil assessment systems, and preserve ecosystem functions to promote sustainable
ecological, economic, and social benefits.
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Abstract: Biochar (BC) is a carbonaceous material obtained by pyrolysis at 200–1000 ◦C in the limited
presence of O2 from different vegetable and animal biomass feedstocks. BC has demonstrated great
potential, mainly in environmental applications, due to its high sorption ability and persistent free
radicals (PFRs) content. These characteristics enable BC to carry out the direct and PFRs-mediated
removal/degradation of environmental organic and inorganic contaminants. The types of PFRs that
are possibly present in BC depend mainly on the pyrolysis temperature and the kind of pristine
biomass. Since they can also cause ecological and human damage, a systematic evaluation of the
environmental behavior, risks, or management techniques of BC-derived PFRs is urgent. PFRs gener-
ally consist of a mixture of carbon- and oxygen-centered radicals and of oxygenated carbon-centered
radicals, depending on the pyrolytic conditions. Here, to promote the more productive and beneficial
use of BC and the related PFRs and to stimulate further studies to make them environmentally safer
and less hazardous to humans, we have first reviewed the most common methods used to produce
BC, its main environmental applications, and the primary mechanisms by which BC remove xeno-
biotics, as well as the reported mechanisms for PFR formation in BC. Secondly, we have discussed
the environmental migration and transformation of PFRs; we have reported the main PFR-mediated
application of BC to degrade inorganic and organic pollutants, the potential correlated environmental
risks, and the possible strategies to limit them.

Keywords: biochar (BC); pyrolysis; biochar-derived permanent free radicals (PFRs); reactive oxygen
species (ROS); PFR-mediated BC applications; environmental risk

1. Introduction

Biochar (BC) is a stable carbon-rich black solid substance produced from vegetable
or animal biomass feedstocks when pyrolyzed. Pyrolysis is a procedure that involves
the heating of substrates at 200–1000 ◦C under oxygen-limited conditions [1]. The term
“biochar” derives from the combination of “bio-,” which stands for “biomass,” and “char,”
meaning “charcoal.” In recent years, BC has received widespread attention due to its
potential application in carbon sequestration, soil amendment/remediation, wastewater
treatment, and catalysis [2–11]. In particular, several ground-breaking studies have been
carried out to investigate the potential of BC in alternative energy production and in the
recovery of value-added chemicals/by-products [3]. In this regard, Lee et al. have used
BC as briquettes and electrodes for microbial fuel cells (MFCs) finalized for alternative
energy production [5]. Zhang et al. have employed BC as an additive/catalyst in anaerobic
digestion and transesterification reactions for biogas [6], while Behera et al. employed BC
to produce biodiesel [4]. Environmental applications of BC for reducing gaseous emissions,
mainly by carbon and nitrogen sequestration, are also gaining attention [8].

BC has been applied to prevent eutrophication by recovering excessive nutrients, in-
cluding nitrogen and phosphorus, from wastewater [11], while the agronomic application
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of BC, due to its characteristics of high cation exchange capacity (CEC) and specific surface
area (SSA), have recently been reported by Zhao et al. [10]. Batch and column sorption
experiments have shown that certain types of BC have good adsorption performance for
heavy metals, dyes, or phosphate from aqueous solutions and are being investigated as
cost-effective, promising, and eco-friendly alternative adsorbent materials [12]. Addition-
ally, BC has demonstrated high efficiency in removing pharmaceuticals [13], pesticides [14],
polycyclic aromatic hydrocarbons (PAHs) [15], and petroleum derivatives [16]. Also, the
metal ion absorbent capacity of BC has been extensively reported in both the absence
and presence of fulvic acid and humic acid [17]. As a soil improver, BC can reduce soil
acidity and help maintain soil moisture and nutrient levels. Through its carbon seques-
tration action, BC performs climate restoration. Moreover, due to its strong adsorption
capacity, BC can remove environmental xenobiotics, thus preventing their uptake in plants,
animals, and humans [18–21]. Additionally, BC derived from the thermal treatment of
organic material generally contains persistent free radicals (PFRs) bound to the external
or internal surfaces of its solid particles [22,23]. Such BC-bound PFRs, which are reactive
due to unpaired electrons, can persist for minutes and up to several months, in contrast to
traditional transient radicals [24], thus conferring on BC the capacity to degrade organic
pollutants through the generation of other reactive oxygen species (ROS) and sulfate radi-
cals [25–27]. In this context, BC-bound PFRs have been investigated to activate persulfate
(S2O8

2−) to obtain sulfate radicals, which have efficiently degraded phenolic compounds
and polychlorinated biphenyls [28], acid orange 7 [29], and sulfamethoxazole [30,31]. In
the presence of PFRs, hydrogen peroxide (H2O2) or oxygen (O2) have been activated to
produce hydroxyl radicals (OH•) and superoxide radicals (O2•−), which succeeded in
efficiently degrading chloro-biphenyl [32], diethyl phthalate [33,34], and ciprofloxacin [35].
By the PFR-mediated activation of peroxyl mono sulfate (PMS), radical species such as
SO4•−, •OH, and O2•−, as well as non-radical species such as 1O2 formed, which were the
main contributors in the antibiotics’ degradation [36]. On the other hand, by stimulating
the production of ROS, PFRs can inhibit seed germination and retard the growth of roots
and shoots [37]. Additionally, BC production itself may cause the release of xenobiotics
such as polycyclic aromatic hydrocarbons (PAHs), toxic inorganic elements, and dioxins,
thus posing potential risks to human health and the environment [1]. The scientific commu-
nity should evaluate BC and BC-bound PFRs’ positive and negative impacts before their
extensive ecological application. Although the environmental behavior and risks of BC
and BC-associated PRFs are increasingly attracting research attention, in the last ten years
(the year 2024 excluded), studies into their toxicity remain very limited (96 publications),
compared to those concerning PFRs in general (542 publications) and their degradation
capability (402 publications) (Figure 1).

Figure 1. Number of publications on PFRs and their degradation, absorption, and possible toxic
actions published over the last ten years (current year excluded) according to the PubMed dataset.
The survey was carried out using the following keywords: permanent free radicals (pink bars);
permanent free radicals AND degradation (purple bars); permanent free radicals AND absorption
(yellow bars); permanent free radicals AND toxicity (light blue bars).
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However, to safeguard the environment from BC-related PFRs’ potential adverse
effects, it is necessary to comprehensively and systematically consider their environmental
risks, formation mechanisms, and controlling factors [27], as well as the corresponding
possible mitigation actions. Studies have shown that the type of biomass feedstock used
to produce BC is pivotal in determining the physicochemical properties of the resulting
BC, which also strongly affect the formation and characteristics of PFRs. To date, the types
of biomasses used to prepare BC and involved in the investigation of BC-bound PFRs
mainly include lignocellulosic biomasses (hemicellulose, cellulose, and lignin) from sources
such as pine needles, wheat straw, lignin, cow manure, rice husk, and maize straw [38–40].
Additionally, cow dung (CD), sheep manure (SM), lotus stem (LS), and eggshell (ES)
biomasses, representative of farm wastes, have been reported to provide BC containing
PFRs [41]. Bamboo is an emerging starting material that is perfect for synthesizing BC
and activated carbon (AC) due to its inexpensive cost, high biomass yield, and accelerated
growth rate [42,43]. However, only a few researchers and scientists have used bamboo as a
unique source for developing BC so far, as established by the number of publications on
bamboo-derived BC developed in the last ten years (current year excluded) (331) vs. those
on BC derived from different sources (13,630) (Figure 2).

Figure 2. Number of publications on BCs and on bamboo-derived BCs published in the last ten years
(current year excluded) according to the PubMed dataset. The survey used the following keywords:
biochar (pink bars) and bamboo biochar (purple bars).

Among the 331 publications on bamboo-derived BC, most were about their adsorption
activity (119), followed by those on their degradation capacity (87). At the same time, few
studies were conducted on their possible toxic action (Figure 3).

Figure 3. Number of publications on bamboo-derived BCs, as well as their absorption, degradation,
and toxic properties, published in the last ten years (current year excluded) according to the PubMed
dataset. The survey was carried out using the following keywords: bamboo biochar (pink bars);
bamboo biochar AND adsorption (green bars); bamboo biochar AND degradation (yellow bars);
bamboo biochar AND toxicity (light blue bars).
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In this scenario, to promote the more productive and beneficial use of BC and the
related PFRs and stimulate further studies to make them environmentally safer and less
hazardous to humans, we have first reviewed the most common methods used to produce
BC and its main environmental applications, as well as the reported mechanisms for
PFR formation in BC. The main factors influencing the physicochemical properties of BC
have also been reported. Secondly, we have discussed the environmental migration and
transformation of PFRs, the main PFR-mediated applications of BC to remediate inorganic
and organic pollutants described in the last five years, the correlated potential risks to
the environment and humans, and the possible strategies to limit them. To confirm the
relevance and essentiality of the present paper, a recent survey of the PubMed dataset
has evidenced that, although the number of studies on BC-related PFRs has increased
in the last few years, they are still very limited compared to those on BC in general (134
vs. 11646 from 2014 to the present). Additionally, the review articles on BC-associated
PFRs that, by gathering information on the topic, could stimulate more research on it are
indeed limited (16). Some recent examples could be considered works by Zhang et al.,
Liu et al., Luo et al., and Yi et al. [1,44–46]. In this scenario, this review can be considered
essential because it offers an all-round and complete overview of both BC and BC-related
PFRs, via an extensive discussion on both their beneficial impact and the possible risks to
humans and the environment that could derive from their widespread and indiscriminate
application. In the case of the present paper, we have provided a reader-friendly work
where the information has mostly been organized into easy-to-read tables, schemes, and
statistical graphs that could have a profound impact on its readers’ understanding.

2. Biochar (BC)

The constant growth in world population translates into a continued increase in the
global energy requirement by all sectors and a dramatic decrease in fossil fuels, the primary
energy source [47–49]. Furthermore, the effect of the resulting CO2 emissions on the
environment determines additional global energy issues, which make the replacement of
fossil fuels necessary and urgent [50]. In this regard, biochar (BC), mainly obtained from
organic waste and possessing the capability of sequestering carbon, represents a rich carbon
source and an alternative to fossil fuels [51,52]. Table S1 in the Supplementary Materials
reports the biomasses commonly used for BC production [53–66].

BC obtained by the combustion of various biomasses, as reported in Table S1, has
been demonstrated to possess unparalleled physicochemical properties such as a large
surface area, high porosity, the presence of several functional groups, high cation exchange
capacity (CEC), long-term stability, etc. (Figure 4). Such properties make BC suitable for
various applications, including, but not limited to, carbon sequestration, soil amendment,
energy storage, and catalysis [67–75] (Table S1). Additionally, BC is cost-effective, has
an eco-friendly nature, and is endowed with reusability (Figure 4) [76,77]. Mainly, BC is
increasingly gaining attention from many researchers as a material to efficiently remove
various environmental contaminants, including antibiotics, thus reducing the emergence of
microbial resistance [72,74].

Figure 4. Some of the advantages and physicochemical properties of BCs. ⇑ = high.
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Among the biomass waste materials appropriate for BC production, crop residues
from agriculture, forestry, municipal solid waste, food, and animal manure have high
potential [78–83].

2.1. Main Methods of Producing Biochar

As reported in the following Table 1, BC can be prepared rapidly using thermochem-
ical conversion techniques such as pyrolysis, hydrothermal carbonization, gasification,
flash carbonization, and torrefaction [84,85], with pyrolysis the most widely adopted
(Section 2.1.1).

Table 1. Main BC production methods, temperature conditions, and yields.

Temperature
(◦C)

Residence Time Biochar (%) Bio-Oil (%) Syngas (%) Refs

Pyrolysis 200–700 0.5–2 s 35 30 35
[86]

500–1000 Hours/day 12 75 13

HC 180–300 1–16 h 50–80 5–20 2–5 [87]

Gasification 750–900 10–20 s 10 5 85 [88]

Torrefaction 290 10–60 min 80 0 20 [89]

Flash carbonization 300–600 <30 min 37 -- -- [90]

HC = Hydrothermal carbonization.

2.1.1. Pyrolysis

Pyrolysis is a thermochemical process wherein the organic compounds present in
the biomass are decomposed at a specific temperature [91]. Mainly, during pyrolysis, the
thermal decomposition of organic materials occurs in an oxygen-free or oxygen-limited
environment within a temperature range of 250–1000 ◦C [92]. In these conditions, the ligno-
cellulosic components of biomass, such as cellulose, hemicellulose, and lignin, go through
chemical reactions like depolymerization, fragmentation, and cross-linking, depending on
the adopted temperatures. There are three principal possible products, including solid,
liquid, and gas physical state materials. The solid products comprise BC and ash, while the
liquid ones encompass bio-oils and tar, and the gaseous products (syngas) comprise carbon
dioxide, carbon monoxide, hydrogen, and C1-C2 hydrocarbons [86]. As shown in Figure 5,
during pyrolysis, the process parameters, including temperature, the type and nature of
the biomass, residence time, heating rate, pressure, etc., could strongly affect BC yield and
its physicochemical characteristics [93,94]. Moreover, although BC samples derived from
different biomasses are all entirely made of carbon content and ash, their elemental com-
position, as well as their physical characteristics and properties, could differ enormously
based on the type of biomass, reaction conditions, and type of reactor used during the
carbonization process [95] (Figure 5). Consequently, every experimental condition and the
starting raw material should be considered as a proof-of-concept of the future industrial
application of BC.

The most widely used reactors for the chemical transformation of different biomasses
include paddle kilns, bubbling fluidized beds, wagon reactors, tubular ovens, and agitated
sand rotary kilns. However, temperature remains the primary operating process condi-
tion that governs the yield in BC, vs. those of the oily and gaseous products. Usually,
BC yield decreases and syngas production increases when the pyrolysis temperature is
improved [96]. Based on the heating rate, temperature, residence time, and pressure, pyrol-
ysis can be categorized as fast or slow, as summarized in Table S2 in the Supplementary
Materials [97]. Generally, fast pyrolysis is employed to maximize the liquid product yield,
while slow pyrolysis is employed to maximize the solid product yield [98].
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Figure 5. Parameters that mainly influence the pyrolysis process outcomes and the prepared BC
elemental composition, physicochemical properties, and possible applications.

2.2. Biochar Characterization and Main Properties

The characterization of BC to determine its elemental composition is carried out by
performing elemental analyses. Otherwise, its physicochemical, surface, and structural
characterization is carried out by determining its surface functional groups, stability, and
structure by employing various modern techniques reported in Table S3 in the Supplemen-
tary Materials [57].

As mentioned, the source of feedstock and the heat treatment temperatures during
preparation are two significant factors that determine the physiochemical properties of BC.

The properties of pristine biomass that mainly influence the related BC include mois-
ture content, ash content, calorific value, the percentage of lignin, cellulose, hemicellulose,
fractions of fixed carbon, and volatile components [98]. High-yield BC with high porosity
is achievable using biomasses possessing more lignin and less cellulose. Additionally, the
volatile component, water content, particle size, and shape of the original biomass can also
affect the properties of BC [98]. Table 2 reports the general chemical and physical features
of BC, while Table S4 in the Supplementary Materials reports some characteristics of BCs
produced from specific feedstocks at various production temperatures [99].

Table 2. Main chemical and physical features of BCs.

Properties Discussion

C
h

e
m

ic
a

l
p

ro
p

e
rt

ie
s

Atomic ratio ⇓ O/C and H/C ratio for untreated biomass

Elemental composition
⇑ Carbon content (> 95%) *
⇓ Hydrogen content (< 5%) *
⇓ Oxygen content (< 2%) *

Energy content ⇑ Energy content with temperature
(From 15–20 MJ/kg a to 30–35 MJ/kg b at 700 ◦C

Fixed carbon (FC) **
Volatile matter (VM)

⇑ in FC (from 10% a to 90% b at 700 ◦C)
⇓ in VM (from 90% a to 10% b at 700 ◦C)
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Table 2. Cont.

Properties Discussion

Structural composition

Partially decomposed cellulose c

Near totally decomposed hemicellulose c

Partially decomposed lignin c

Release of O2 and H2
⇓ Oxygenated functional groups in BC (OH and C=O

groups) *
⇑ Highly stable aromatic structures in BC *
(with maximum aromaticity at 500–800 ◦C)

⇑ Alkalinity and ability to neutralize acids in soils *
⇑ Unpaired negative charges that enable BC to accept

protons

pH value ⇑ pH value (from 5–7.5 a to 10–12 b at > 500 ◦C)
⇑ Ash

Cation exchange capacity (CEC) ⇑ CEC for BCs produced at relatively ⇓ low temperatures

Ash content
(SiO2, CaO, K2O, P2O5, Al2O3, MgO) ⇑ With temperature

Self-heating degradation during storage

⇓ Highly volatile content in BC
⇓ Risk of self-heating
⇑ Thermal stability

⇓ Risk of spontaneous combustion
⇓ Water content and microbial

P
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s

Density and porosity

⇑ Weight-based energy density * at ⇑ temperature
⇓ Bulk density * (the volume-specific weight of a bulk

material in a heap or pile)
⇑ Porosities at ⇑ temperature

Surface area ⇑ Total surface area * (<800 ◦C)
⇓ Total surface area * (>800–1000 ◦C)

Pore volume distribution
Pore size distribution

⇑ Total pore volume * with ⇑ temperature
Macropores (1000–0.05 μm)
Mesopores (0.05–0.002 μm)
Micropores (0.05–0.0001 μm

(more than 80% of the total pore volume)

Hydrophobicity
Water-holding capacity (WHC)

⇑ Hydrophobicity
⇓ Affinity to water

⇑ Porosity and amount of water that can be absorbed

Mechanical stability ⇓ Mechanical stability during carbonatization
⇓ Structural complexity during carbonization

Grindability ⇑ Grindability compared to the parent material

Thermal conductivity
Heat capacity

⇓ Thermal conductivity in BC
(from 1300 J/(kgK) a to 1000 J/(kgK) b at 500 ◦C)

Electromagnetic properties ⇑ Conductivity
⇑ Electromagnetic shielding efficiency

* Depending on pyrolysis temperature: a higher degree of carbonatation at higher temperatures; ** after removing
the volatile components, the carbon content that remains in the solid structure is called fixed carbon; a row
biomass; b BC; c depending on biomass and pyrolysis temperatures involved (<650 ◦C decomposes almost all of
the holocellulose (cellulose and hemicellulose); the temperatures required for decomposing lignin are several
hundred degrees higher than those for holocellulose; CEC is defined as the number of exchangeable cations (e.g.,
Ca2+, Mg2+, K+, Na+, NH4

+) that a material can capture, which directly depends on the surface structure and the
presence of functional groups providing surface negative charges; ⇑ = high, higher, or an increase; ⇓ = low, lower
or a decrease.
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The Question of Temperature

As already reported, the pyrolysis temperature and feedstock greatly influence the
physicochemical properties of BC, including pH, specific surface area, pore size, CEC,
volatile matter, ash, and carbon content. CEC and volatile matter decrease with increasing
pyrolysis temperature, whereas pH, specific surface area, ash, carbon content, and pore
volume increase with an increase in pyrolysis temperature [100]. Increasing temperature
also causes a decrease in the number of acidic functional groups, especially carboxylic
functional groups, and causes the appearance of carbonylic functional groups and alka-
linity [101]. In particular, unpaired negative charges forming during pyrolysis at higher
temperatures enable BC to accept protons [101]. Although BC’s alkalinity increases with
higher pyrolysis temperatures, thus improving its capacity to neutralize acids in soils,
lower temperatures are necessary to preserve functional groups and obtain BC with higher
CEC [102]. Low water content in BC, which reduces the possible microbial activity, pro-
moting self-healing and degradation, is achievable at a higher temperature. However, the
highly porous structure of BC obtained in such conditions causes the ready adsorption
of moisture from the surroundings, thus increasing water content, re-enabling microbial
activity, and contributing to self-heating and degradation [100].

During biomass decomposition to BC, the total surface area changes like the porosity
due to the escaping of volatile gases and increases with increasing temperature [103]. In
this regard, a large surface area affects CEC and water-holding capacity (WHC). Curiously,
during pyrolysis, the hydro-properties of the initial biomass undergo several modifications
depending on the pyrolysis temperature, which can translate into contradictory findings.
Notably, with increasing temperature, due to a decrease in functional oxygenated groups
and an increase in aromatic structure, the material’s affinity to water is altered, the hy-
drophobicity of BC becomes higher than that of pristine biomass, and its capacity to retain
water will be lower. Conversely, thanks to increased porosity, which changes the amount of
water that can be adsorbed, BC produced at high temperatures can hold more water in its
porous structure than BC prepared at lower ones [104].

The mechanical stability of biomass usually decreases during pyrolysis and correlates
inversely with the porosity and directly to the density of the BC and temperature. The
electric conductivity increases with higher thermal treatment, improving the graphitic
carbons’ crystallinity and the carbon-packed domains’ density [105]. BC with high me-
chanical stability can be produced from feedstocks with high density and lignin content,
making lignin, the constituent, more resilient to decomposition and the loss of structural
complexity. Conversely, BC with higher grindability can be obtained by the torrefaction
of biomass with a larger amount of hemicellulose (e.g., agricultural residues) compared
to woody biomass. The decomposition of biomass to BC causes a reduction in its bulk
density and an increase in its porosity and, therefore, a decrease in its thermal conductivity,
depending on the pyrolysis temperature. Concerning the electric properties of BC, the
reduction in oxygenated functional groups and the appearance of conjugated double bonds
cause an increase in conductivity and electromagnetic shielding efficiency, which make
BC suitable as an additive in various composite materials (e.g., building materials such as
cement). Furthermore, the effectiveness of shielding against electromagnetic interference is
enhanced concerning the pristine biomass.

2.3. Possible Biochar Applications

The various properties of BC reported above, including its high carbon content, larger
surface area, well-developed porous structure, and a surface sufficiently enriched with
functional groups, render it potentially pertinent for various applications. In Table 3, we
have reported the current possible environmental BC applications.
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Table 3. Main possible applications of BC.

Application Mechanisms Refs.

Climate change mitigation

Sequestering carbon in soil
⇓ CO2 emissions into the atmosphere

⇓ NO2 emissions
⇓ CH4 emissions

Tackling 12% of current anthropogenic carbon emissions

[73]

Soil improvement

⇑ Physicochemical and biological properties of soils
⇑ Water retention capacity of soil

⇓ Nutrient leaching
⇓ Acids in soils

⇑ Microbial population and microbial activity in soils
Positive impacts on the earthworm population

Preventing desiccation

[68]

Waste management By pyrolyzing waste biomass * [106]

Energy production By conversion of waste biomass to BC by fast pyrolysis, thus
providing liquid fuel (bio-oil) [71]

Capturing contaminants By adsorption of both organic pollutants and/or
metal ions from soil and water [72,74]

Composting
⇑ Physicochemical properties of composting

⇑ Composting microbial activities
⇑ Organic matter decomposition

[69]

* Including crop residues, forestry waste, animal manure, food processing waste, paper mill waste, municipal
solid waste, and sewage sludge; ⇑ = high, higher, improved, or enhanced; ⇓ = low, lower, reduced, or decreased.

BC production could be an alternative to mitigate climate change by carbon seques-
tration in soil, thus retaining half of the carbon fixed in biomass during photosynthesis
and reducing CO2, NO2, and CH4 emissions [73]. Mainly, BC shows long-term stability in
soil. The mean carbon residence time in BC has been estimated to be around 90–1600 years,
depending upon the labile and intermediate stable carbon components [73]. Due to these
characteristics, BC can sequester carbon in soil, thus decreasing carbon dioxide emis-
sions into the atmosphere and those of nitrous oxide and methane by biotic and abiotic
mechanisms [73]. Experiments have demonstrated that the emission of greenhouse gases
(including CH4 and N2O) can be avoided by pyrolyzing waste biomasses [107]. Concur-
rently, the pyrolysis process balances fossil fuel consumption by producing bioenergy.

Interestingly, BC has been estimated to be capable of tackling 12% of the current an-
thropogenic carbon emissions. Furthermore, thanks to its high carbon content, BC can work
as a soil conditioner, mainly by improving the soil’s physicochemical and biological prop-
erties. BC increases soil water retention capacity by ~18%, reduces nutrient leaching [68],
and neutralizes acidic soils, thereby enhancing plant productivity, seed germination, plant
growth, and crop yields. Additionally, wet BC prevents soil desiccation [68]. While it has
been reported that soils treated with BC demonstrated improved microbial population and
activity [108], null or positive effects were observed in the earthworm population in soils
amended with wood-based BC [109].

The production of BC itself is an economical and mutually beneficial strategy to
manage and eliminate waste from animals and plants and reduce the pollution associated
with it [108]. Furthermore, when waste biomass that is derived mainly from animal
manure and sewage sludge is pyrolyzed, the hazardous microbial population that is
possibly present is killed, thus reducing its possible negative impact on the environment
and humans. Unfortunately, toxic heavy metals from sewage sludge and municipal solid
waste could persist in BC, which must be carefully checked and handled correctly before
long-term soil application [110].

A remarkable potential use of BC, one that is still too little investigated and controver-
sial, is the production of bioenergy as an alternative to fossil fuel that could lower carbon
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emissions. In this regard, while slow pyrolysis allows a lower yield of liquid fuel and
more BC, fast pyrolysis provides more liquid fuel (bio-oil) and less BC [111]. Evidence has
demonstrated that BC can be successfully applied in environmental remediation because
it is capable of adsorbing both organic and inorganic contaminants, such as pesticides,
herbicides, PAH, dyes, and antibiotics, as well as non-biodegradable metal ions, which
are highly toxic to all living organisms [72,74]. BC can enhance the composting process
by improving its physicochemical properties and microbial activities and promoting the
decomposition of organic matter. Also, more investigations are needed to evaluate BC
compost’s agricultural/environmental performance [69]. Table 4 summarizes some of the
advantages and disadvantages associated with the production and use of BC.

Table 4. Advantages and disadvantages associated with the production and use of BC.

Advantages Disadvantages

Obviate to significant modification on Earth Gaseous aerosol emissions during improper pyrolysis

Enhanced soil productivity Environmental pollution from dust; erosion and leaching of BC
particles

Higher food security Ash could be at risk for respiratory diseases.

Solution of xenobiotics danger BC can sequester water and nutrients not further available for
crops

Addressing waste management Not desired sorption of residual herbicides and pesticides

Reduced utilization of fossil fuels

Long-term removal of crop residues for producing BCs can
reduce overall soil health by diminishing the number of soil

microorganisms and
disrupting internal nutrient cycling

Less expensive than activated carbon (AC) Possible negative impact on soil biota

Improvement of living microbiology in soil Short-term adverse effects on earthworm population density

Greater WHC than AC

No universal reduction in nitrous oxide emissions
Enhanced food web in soil

Improved aeration in the soil
Reduced loss of nutrients through leaching

AC = Activated carbon; WHC = water-holding capacity.

As evidenced in Table 4, we benefit from additional advantages by producing BC from
biomass, including waste biomass. The cost necessary to produce BC is six-fold lower than
that of commercially available activated carbon (AC), which, unlike BC, is deprived of some
properties of BC, such as its ion exchange capacity [112]. Generally, BC does not require fur-
ther processing to be activated, and, thanks to its non-carbonized fraction and maintained
oxygen-containing groups such as carboxyl, hydroxyl, and phenolic surface functional
groups, BC is capable of adsorbing both organic as well as inorganic contaminants and of
interacting with soil contaminants [72,74]. BCs produced from sewage sludge and manure
have a high nutrient content for soils, thus enriching their quality [68]. However, apart
from the advantages of using BC, there is a series of possible fallouts, as reported, that need
consideration. Among these, the long-term removal of crop residues, like stems, leaves,
and seed pods, for producing BC could reduce the overall soil health by diminishing the
number of soil microorganisms and disrupting internal nutrient cycling, with a possible
negative impact on soil biota, including short-term adverse effects on earthworm popula-
tion density. In this scenario, there is a dire need for further extensive research so that any
possible issues associated with its usage can be effectively resolved.

2.3.1. Xenobiotics Removal by Biochar (BC)

As reported in the previous section, BC is a porous material, and its porosity, de-
pending on the production temperature, allows it to interact with water nutrients and

158



Toxics 2024, 12, 245

other materials, including inorganic metal cations and organic pollutants. Due to its en-
hanced porous structure, surface area, functional groups, and mineral components, BC
is an optimal absorbent material for solutions. Although BC that is produced through
pyrolysis has a relatively moderate adsorption capacity (3.6–6.3 g/g for BC prepared at
a temperature range of 300–700 ◦C) [113], this can be enhanced by modifying its physico-
chemical properties through acid, alkali, or oxidizing treatments, while the surface area
can be altered mainly using acid treatments [114–116]. As an adsorbent, BC can absorb
organic and inorganic contaminants, such as PAH and phthalate acid esters, and its help in
improving the treatment of sewage wastewater containing organic xenobiotics has been
widely reported [117]. In this context, there are several main mechanisms used by BC for
capturing inorganic or organic pollutants, which have been included and are discussed in
Table 5.

Table 5. Main mechanisms by which BC can capture inorganic or organic contaminants.

Capturing Mechanism Influencing Factors #, Details ◦, Examples § Ref.

Sorption *
⇑ Surface area #

Microporosity of BC #

pH #

[117]

Hydrogen bond formation ** For polar compounds ◦ ,**

Electrostatic attraction/repulsion
For cationic compounds ◦

Interaction between positively charged cationic organic
contaminants and negatively charged BC surfaces ◦ ,**

Electrostatic outer sphere
complexation Due to metallic exchange with K+ and Na+ available in BC ◦ ,**

Hydrophobic interactions *** For non-polar compounds ◦

Diffusion Non-ionic compounds can diffuse into the
non-carbonized and carbonized fractions of BC ◦

Formation of surface complexes **
pH #

Ionic radius #

Between metal cations and -OH, -COOH on BCs ◦

Precipitation
Lead precipitates as lead-phosphate-silicate in BC §

Co-precipitates and inner-sphere complexes can form between
metals and organic matter/mineral oxides of BC §

* From water/soil onto biochar; ** for BCs produced at relatively lower temperatures; *** for BCs produced at
higher temperatures; ⇑ = high, higher, improved, enhanced; In the table, the voices with # are influencing factors,
those with ◦ are details, and those with § are examples.

Interestingly, BCs produced at higher temperatures exhibited higher sorption efficiency
for the remediation of organic and metallic contaminants in soil and water. Additionally, it
is worth mentioning that the sorption of organic xenobiotics by BC is more favorable than
that of inorganic ones. Concerning complexation with metal cations, the smaller the ionic
radius of metals, the greater the adsorption capacity by BC.

2.3.2. Not Only Adsorption

It is commonly reported that the principal mechanism by which BC removes toxic
heavy metals and other contaminants, including organic pollutants, is adsorption. Its
adsorptive efficiency mainly depends on the type and number of functional groups, surface
area, CEC, etc. However, previous research studies and reviews on BC have evidenced the
presence, either on the surface or inside its particles, of free radicals known as persistent
free radicals (PFRs), the nature of which depends strongly on the pyrolysis conditions and
the formation and characteristics of which mainly differ based on the feedstock types. In
this regard, several recent studies have mainly focused on the role of BC-related PFRs in
the degradation of organic xenobiotics, in addition to their adsorptive capacity. Odinga
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et al., in their recent work, reviewed the application of BC-derived PFRs in environmental
pollution remediation [27], while Fang et al. investigated the reactivity of PFRs in BC and
their catalytic ability to activate persulfate to degrade pollutants [28]. However, Odinga
et al. also considered and commented on the possible environmental risks of PFRs from
BCs, which represent the shadows associated with these chemicals and need further study,
knowledge, and regulation before their extensive application [27].

3. Biochar-Derived Free Radicals

As previously mentioned, BC has a broad-prospective use in the treatment of envi-
ronmental xenobiotics, in soil amendment, in photocatalytic and photothermal systems,
for photothermal conversion, as electrical and thermal devices, and as 3D solar vapor-
generation devices for water desalination [118–121]. All these potential uses are due to its
high surface area and rich pore structure, which provide great physical absorptivity. They
also depend on the chemical characteristics of BC, including the presence of PFRs [122,123].
In this regard, it is of paramount importance to clarify the formation mechanism of free
radicals in BC for the optimal management of their properties and their more efficient and
safer utilization [124].

3.1. Persistent Free Radicals (PFRs)

An atom or molecule with at least a lone pair of electrons is a chemical species
characterized by significant instability and high chemical activity and is referred to as
a free radical species [107]. Usually, free radicals are highly unstable and rapidly react
with each other, thus being destroyed as soon as they form, with a consequent very short
half-life. However, it has been found that in BC, some free radicals, named persistent
free radicals (PFRs), like the radicals that naturally occur in the environment, known as
environmental persistent free radicals (EPFRs), can remain stable for months and play
a crucial role in the subsequent reactions of oxidative degradation carried out by BC
containing them [25,107,125,126] (Figure 6).

Figure 6. The lifetimes of different free radicals.

Unlike other free radicals, PFRs are resonance-stabilized since they are bound to the
external or internal surface of solid particles of BC. They can be analyzed by electron
paramagnetic resonance spectroscopy (EPR) [25]. Figure 7a provides an example of an EPR
analysis of the PFRs present on a solid N-doped hydro char prepared in a tube furnace at a
temperature of up to 600 ◦C for 1 h under a N2 atmosphere [127].
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Figure 7. EPR analysis of PFRs generated on a N-doped hydro char prepared in a tube furnace heated
to 600 ◦C for 1 h under N2 atmosphere (a) [127]. The image has been reproduced with permission
from Elsevier under license number 5754160784661, received on 22 March 2024; EPR spectrum of
the unstable free radical superoxide (O2•−) when trapped by DMPO to form a long-lived nitroxide
(DMPO-OOH) (b).

Their lifetime under a vacuum appears infinite, while they react with molecular
oxygen in the air, resulting in decay with time and the simultaneous production of reactive
oxygen species (ROS). In this regard, PFRs act as transition metals like Fe2+, stimulating
ROS production in aqueous systems. Unlike PFRs, ROS are detectable by EPR only when
captured by a proper radical scavenger, such as 5,5-dimethyl-1-pyrroline-N-oxide (DMPO).
Figure 7b provides an example of the EPR spectrum of the unstable free radical superoxide
(O2•−) when trapped by DMPO to form a long-lived nitroxide radical (DMPO-OOH). In BC
analyzed using the EPR technique, PFRs were previously detected in combustion-generated
particulate matter (PM), sediments, and soils. PFRs can be categorized into three classes,
i.e., oxygen-centered PFRs (OCPFRs), carbon-centered PFRs (CCPFRs), and oxygenated
carbon-centered radicals (CCPFRs-O). The EPR analyses provide three parameters: the PFR
concentration, the g-value, and the line width [107] (Figure 8).

Figure 8. Information derived from EPR analyses.
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PFR concentration is calculated from the double integral of the EPR spectrum and
can reflect the content of PFRs in BC [128]. The g-value of PFRs is a constant specific to
a particular compound, reflects its hybrid nature, and provides information about the
type of radical [129]. The PFR line width in the EPR spectrum measures the peak-to-peak
width. This is affected by spin–spin interactions (including electron–proton interaction
and electron–electron interaction), the heteroatom effect, and the anisotropy of the spec-
trum [107].

The line width reflects the relaxation time of spinning electrons [130]. It has been
reported that the oxidation processes that can occur using BCs mainly depend on PFRs
and these parameters [125,131,132]. These parameters are, in turn, affected significantly by
pyrolysis conditions, biomass types, the elemental composition of pristine biomass, and
the presence of external transition metals (Table 6).

Table 6. Factors influencing PFR formation in BC.

Parameter Influencing Factors Specifications Observations Ref.

PFRs
concentration

Biomass type

Cow manure, rice husk, others
(< 500 ◦C) �= Concentrations [132,133]

Non-lignocellulosic biomass with
⇓ H/C and O/C ⇓ Concentration

[134]

Lignocellulosic biomass ⇑ Concentration

Temperature

300 ◦C, 700 ◦C
�= Concentrations

[132]

Maximum concentration at 600 ◦C [135]

Maximum of concentration at
500–600 ◦C [24,136]

Transition metals
Adsorb onto biomass and transfers
electrons from polymer to metal

center during pyrolysis
⇑ Concentration [32]

Type of PFRs Temperature

200–300 ◦C Oxygen centered radicals

[24]
400 ◦C A mixture of oxygen and

carbon-centered radicals

500–700 ◦C Exclusively carbon
centered radicals

�= = Different; ⇓ = low, lower, reduced, decreased; ⇑ = high, higher, increased, improved.

Qin et al. [132] found that the PFR concentrations in the same BC that were obtained at
different temperatures and those in different kinds of BC obtained at the same temperature
were significantly different. Tao et al. [135], as well as Xiang [136] and Huang et al. [24],
found that in BCs from different feedstocks, the PFR concentrations first increased with
increasing temperature, reaching a maximum around 500–600 ◦C, and then decreased with
a further increase in temperature. The relations between the feedstocks’ properties or the
BCs’ composition with the PFR concentrations were also demonstrated [133], and non-
lignocellulosic-biomass produced lower PFR concentrations than lignocellulosic-biomass
under the same pyrolytic conditions, perhaps due to their lower H/C and O/C atomic
ratios [134]. The types of PFRs that can be produced during pyrolysis change in the
pyrolysis process and change along with a temperature rise, as reported in Table 6. One
study speculated that the reduction in oxygen content during biomass pyrolysis may
account for the progressive conversion of oxygen-centered radicals to carbon-centered
radicals [134].

Mechanism Proposed for PFR Formation during Biomass Pyrolysis

The several environmental sources of PFRs include atmospheric particulate matter
(PM), contaminated soil, materials from thermal treatments of plastic and hazardous waste,
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tar balls, and the products deriving from the pyrolysis of biodiesel and biomass waste
feedstocks at high temperatures [25]. Concerning BC-derived PFRs, it was observed that
they mainly form in the post-flame and cool-zone regions of combustion systems and other
thermal conversion processes. Although the actual mechanism by which PFRs form during
pyrolysis remains not fully clarified, transition metals capable of electron transfer and the
substituted aromatics molecules present in lignin have been recognized as critical factors
of PFR formation. However, high concentrations of PFRs have also been detected in the
product of combustion of non-aromatic cellulose in the absence of transition metals [135].
Based on the temperature of pyrolysis processes, during the production of BC, highly
heterogeneous composite structures occur, comprising both labile and recalcitrant organic
molecules, such as PAH, furans, and dioxins, as well as inorganic fractions including
oxides, cations, anions, and free radicals [137]. These fractions, products of the incomplete
combustion of biomass, may gradually form PFRs by different pathways, including or not
including transition metals. The formed PFRs could be either only surface-stabilized or
be surface-stabilized in metal-radical complexes [27]. Generally, the breaking of covalent
bonds by heat, light, electricity, and chemical energy, is essential to form free radicals;
during the pyrolysis process of lignocellulosic biomasses. Their main constituents, namely,
cellulose, hemicellulose, and lignin, undergo different reaction pathways at various destruc-
tive pyrolysis temperatures of 300 ◦C, 300–400 ◦C, and 350–450 ◦C. Anyway, the presence
of transition metals can strongly affect the possible formation of PFRs during pyrolysis.
Figure 9 attempts to describe the possible series of events occurring during biomass py-
rolysis that could lead to the formation of PFRs, which are also chemically described in
Scheme 1 (concerning lignin) and Scheme 2 (concerning cellulose and hemicellulose).

First, the C-O and C-C covalent bonds of constituents of lignin are broken under
heat, either via electron transfer by transition metals or not, to form free radical fragments,
phenols, chinones, and other products of incomplete combustion. Simultaneously, the
cleavage of the glucoside bonds of cellulose and hemicellulose that are present in biomass
feedstocks occurs, causing depolymerization and the formation of other radicals. These
first radicals can couple to form bio-oil, pyrolysis syngas (CO2, CO, CH3CH3, and CH4),
and BC simultaneously or may abstract hydrogen from other molecules, forming further
radicals [133,138]. Several chemical reactions can occur, including dehydration, decarboxy-
lation with further emissions of CO2, CO, and H2O, aromatization, and intra-molecular
condensation leading to the formation of the crystalline graphene structure and graphitic
radicals. During pyrolysis, the elemental composition of biomass undergoes changes that
cause mutations in the types of radicals that, upon entrapment onto the BCs’ surface and/or
the formation of metal–radical complexes, form stable PFRs [24].

According to findings reported in the literature, the possible types of PFRs comprise
(i) transition metal-mediated PFRs or (ii) PFRs forming inside organic matrices during
biomass pyrolysis to give BC [139]. The transition metal-mediated PFR formation starts
with the initial physisorption of an aromatic substituted molecule or of its degradation
intermediate radicals, generated at 150–400 ◦C or under UV irradiation onto transition
metal oxides such as ZnO, NiO, CuO, Fe2O3, and TiO2 or transition metal ions [140]. Then,
chemisorption occurs by forming a chemical bond eliminating water or hydrogen chloride.
Finally, a single electron is transferred from the substituted aromatics to the center of the
transition metals, leading to the simultaneous reduction of metal and the formation of
PFRs [140], the stability of which can be attributed to the synergy of metals and aromatic
compounds [140]. A transition metal accepts an electron, and its valence changes from high
to low during this process.

Unlike the PFRs discussed previously, PFRs formed inside the matrix of organic
moieties are not related to the presence of transition metals [139]. Still, they are highly
dependent on the relevant organic matter, while their concentration is significantly and pos-
itively correlated with the elemental carbon content [139]. In this case, PFRs are compared
in terms of thermally treated particles, for which the breaking of chemical bonds in the
precursor molecules during pyrolysis is the primary reason. At the initial pyrolysis stage,
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the homolytic cleavage of weak linkage bonds like the α- and β-alkyl aryl ether bonds,
C-C, and C-O linkage resulted in the forming of free radicals in BC. The outer-surface free
radicals would rapidly react and dissipate, resulting in a decrease in EPR signals. The free
radical concentrations then increased with extended pyrolysis and during the cooling stage,
thus accumulating many free radicals on the BC’s surface [139] and dramatically boosting
the EPR signals. The free radicals formed in the matrix of the produced BC are probably
protected from reacting with each other or other chemicals and are thus stabilized.

Figure 9. The PFR formation process.

Scheme 1. Possible mechanisms leading to the formation of BC-bounded PFRs from lignin. The
orange sphere represents biomass, while the black sphere represents BC, the hypothetical structures
of which, depending on pyrolysis condition, are shown at the bottom of the scheme.
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Scheme 2. Possible mechanisms leading to the formation of BC-bounded graphitic PFRs from
cellulose (left side) and hemicellulose (right side). The orange sphere represents biomass, while the
black sphere represents BC, the hypothetic structures of which, depending on pyrolysis condition,
are shown at the bottom of the scheme.
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As mentioned earlier, the type of biomass and its elemental composition, the presence
of oxygenated functional groups, the pyrolysis conditions (temperature, heating time, and
heating rate), and the presence of external transition metal as well as phenolic compounds
strongly affect both the concentration, structure, and type of PFRs present in BC. Notably,
no radical is produced during the first stage of pyrolysis, providing the transition char
(< 300 ◦C). Subsequently, in the second stage of pyrolysis (300–500 ◦C), amorphous char is
produced, and oxygen-centered radicals and oxygenated carbon-centered radicals appear.
In the third stage of pyrolysis at 500–700 ◦C, composite char is created, wherein the con-
centrations of PFRs, including carbon-centered and oxygenated carbon-centered radicals,
drastically decrease. Finally, when turbostratic char is produced (> 700 ◦C), little or no
PFRs are subsequently produced [27]. In the EPR, the g-factor values, even if they could
change due to the presence of metal ions and temperature changes, are specific for a type
of radical. Table 7 reports the main types of radicals recognizable in BC and their specific
g-values.

Table 7. Features and g-values of the main PFRs forming in BC.

Radicals g-Value Features

Carbon-centered radicals <2.003 Susceptible to oxidation in air

Carbon-centered radicals adjacent to an
oxygen atom

(oxygenated carbon-centered radicals)
2.003–2.004 Susceptible to oxidation in air

Oxygen-centered radicals >2.004 More stable in an atmospheric environment

Semiquinone radicals (oxygen-centered) >2.0045 More resistant to reacting with molecular oxygen in the
ambient environment

Phenoxy radicals
(oxygenated carbon-centered radicals) 2.0030–2.0040 Susceptible to oxidation in air

Cyclopentadienyls
(carbon-centered radicals) <2.003 Susceptible to reacting with molecular oxygen in the

ambient environment

3.2. PFRs: Light and Shadows
3.2.1. PFR Light

It has been demonstrated that PFRs originating in BC by combustion in the presence
or absence of external transition metals could play a vital role in several beneficial reactions,
such as the PFR-mediated remediation and degradation of organic and inorganic pollutants
by different actions and mechanisms, including oxidative and reductive processes (Table 8).

Table 8. Main actions and mechanisms by which PFRs remediate/degrade environmental xenobiotics.

EPFRs Actions Degraded Substances * Mechanism Refs.

Activation of H2O2 by
single electron transferring

SMX, CIP, SMT, TC, OG, MNZ, ERF
benzene

Oxidation by the production of
ROS

(OH• #, HO2•, O2•−)
[32,141]

Activation of O2 by single
electron transferring

Degradation of organic compounds
Chloro-biphenyl

Phenolic compounds
Polychlorinated biphenyls

Diethyl phthalate
Thiacloprid
Bisphenol A

Oxidation by the production of
radical superoxide (O2•−) [21,25,33,123]

Activation of persulfate
(S2O8

2−)
X-3B, SMT, CTC, SMX, TC, MB, SDZ,

OG
Oxidation by the production of

sulfate radicals (SO4•−) [141]
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Table 8. Cont.

EPFRs Actions Degraded Substances * Mechanism Refs.

Direct activity of
macromolecular radicals on

the BC surface
Direct degradation of organic chemicals Oxidation [74]

Direct activity of
semiquinone-type radicals As (III) removal Oxidation [142]

Direct activity of PFRs Removal of Cr (VI) Reduction to Cr (III) [143–147]

Catalytic effects Detoxification of environmental
xenobiotics

Generation of activated species
Stimulation of the microbial

biotransformation
[74]

Ions’ exchange Enhancement of agricultural soil
performance Maintenance of CEC in soils [148]

Electron-hole pair
formation

Photocatalytic degradation of
contaminants under Vis irradiation

Electrons in free radicals can be
transformed from the valence
band to the conduction band

under irradiation

[45]

* Degraded or removed; SMX = sulfamethoxazole; CIP = ciprofloxacin; SMT = sulfamethazine; TC = tetracycline;
OG = orange; MNZ = metronidazole; # free or surface bond; KET = ketoprofen; CTC = chloro-tetracycline;
SDZ = sulfadiazine; MB = methylene blue; ERF = enrofloxacin (photocatalytic degradation); X-3B = reactive
brilliant red X-3B.

For instance, PFRs on BC can activate hydrogen peroxide (H2O2) or oxygen (O2), as
well as persulfate (S2O8

2−), to produce different free oxygenated radicals (ROS) that are ca-
pable of efficiently degrading organic contaminants such as chloro-biphenyl [32], phenolic
compounds and polychlorinated biphenyls [21], diethyl phthalate [33], thiacloprid [123],
and bisphenol A [25]. Moreover, organic chemicals can also be directly degraded on the BC
surface by macromolecular free radicals without adding any radical activators [74]. The
semiquinone-type radicals present in BC can oxidize As (III) [142]. At the same time, BCs
can also exhibit the highly effective removal of Cr (VI) by reduction to Cr (III) using PFRs
for industrial wastewater remediation [143–147].

Unfortunately, PFRs, by generating surface-bound hydroxyl radicals and free hydroxyl
radicals in aqueous solution and also in the absence of H2O2, can induce various types of
cardiovascular and pulmonary disease through ROS-induced oxidative stress (OS) [25].
PFRs and OH radicals that were detected in biological fluids generated ROS that induced
an oxidant injury and modulated toxic responses in biological tissues [149]. Moreover,
quinoid redox cycling is another possible path causing the formation of ROS from material
containing semiquinone-type radicals, which could exert toxicity like that exercised by the
combustion products present in cigarette smoke [150]. Although BC has beneficial effects
on agricultural soil, the PFRs in BC could inhibit plant germination and growth when used
in soil remediation. BC addition as a soil amendment has been reported to positively affect
plant germination, growth, and yield [151,152]. In contrast, a negative impact has also been
documented when BC-bounded PFRs induce ROS, which can inhibit seed germination and
retard the growth of roots and shoots [32,35]. As shown in Figure 10, the formation and
presence of PFRs in the BC produced by several biomasses have been widely documented
and studied since 2014.

In this regard, in Table 9, we have reported a random selection of the main experimen-
tal works regarding the PFRs found in BCs, obtained by different biomasses conveyed in
recent years (2019–2024). Table 9 also summarizes their reported applications, including
mainly the oxidative degradation of organic environmental pollutants (51 papers), the
removal of hazardous inorganic compounds from wastewater such as As (III) and Cr (VI)
(12 papers), the degradation of biological samples, including bacteria (3 papers), hormones
(4 works), genes of bacterial resistance (1 paper), and their use as electrical devices due to
their electron and electron donor capacities (EAC and EDC).
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Figure 10. Number of publications on BC-derived PFRs from the year 2014 to the present, according
to the Scopus dataset (reviews and chapters in the books included). The survey used the following
keywords: persistent AND free AND radicals AND biochar.

Table 9. BC-derived PFRs and their applications as described previously, reported in the years
2019–2024.

Biomass
Pyrolysis
◦C/Time

BC-Name
Active

Radicals
Radical Mechanisms

Application 1

Degraded
Compound 2

Refs.

Sawdust 700 ◦C/1 h Fe0-BC-700
SO4•− PFRs

OH•

Activation of PMS by
Fe0

Activation of PMS by
PFRs

BPA 2 [153]

Waste wood 500 ◦C, 700 ◦C Fe0-BC
SO4•− PFRs

OH•

Production of PFRs by
Fe0

Activation of PS by Fe0

Activation of PS by
PFRs

TDWW 2 [154]

Camellia seed
husks 400 ◦C/2 h OBC-Fe3O4

SO4•− PFRs
OH• Activation of PS TC 2 [155]

Maize straw 900 ◦C/2 h NBC1 • O2
− SO4•−

PFRs OH• Activation of PS (86.6%) TC 2 [156]

Sawdust 300 ◦C, 700 ◦C SBC SO4•− PFRs
OH• Activation of PS AO-7 2 [157]

N.R. 200 ◦C, 500 ◦C N.R. PFRs • O2
−

UV-induced interaction
PFRs/DOM and • O2

−
production

RhB 2 [158]

Sewage sludge 500 ◦C/4 h HNO3-BC PFRs • O2
−

•OH •O2H Activation of H2O2 CIP 2 [35]

Wheat straw 500 ◦C/2 h BC/Fe (III) SO4•− PFRs
OH•

Activation of PS by
PFRs SMX 2 [159]

Sawdust 700 ◦C BC700 SO4•− PFRs
OH•

Activation of PDS by
PFRs CA 2 [160]

Pine needle 500 ◦C/2 h Fe/Mn/BC •OH

Activation of H2O2 by
Fe (II), Mn (II) and

PFRs
(FeMn/BC/H2O2

photo-Fenton system)

Naphthalene 2 [161]
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Table 9. Cont.

Biomass
Pyrolysis
◦C/Time

BC-Name
Active

Radicals
Radical Mechanisms

Application 1

Degraded
Compound 2

Refs.

Sewage sludge 500 ◦C/4 h SS-BC PFRs • O2
−

•OH •O2H

Activation of O2 and H2O2
by PFRs

Degradation of PNP by
PFRs

CIP 2 [162]

Swine manure 600 ◦C SBC
OCPFRs

CCPFRs-O
• OH •O2H

Activation of oxygenated
species by OCPFRs and

CCPFRs-O
(heterogeneous Fenton-like

systems SBC/H2O2)

SMT 2 [163]

Wheat straw 300 ◦C, 600 ◦C BC300 BC600 •OH •O2H
Goethite (Gt)-mediated

activation of H2O2
(Fenton-like system)

OFX 2 [164]

Wheat straw 500 ◦C/2 h, 800
◦C/2 h CoBCX SO4•− PFRs

OH•
Cobalt and PFR-mediated
activation of PMS via O2

ATZ 2 [165]

Various crop
straws

450 ◦C, 550 ◦C
650 ◦C

BC450,550
BC650

SO4•− • O2
−

OH•
BC-mediated activation of

PS by electron transfer SDZ 2 [166]

Tobacco steam 300°C, 500°C
700°C T-BC ROS

OCPFR-mediated
activation of O2 in the

water
PNP 2 [167]

Pruning wastes
of apple trees

400 ◦C, 550 ◦C
700 ◦C

BC400, BC550
BC700 SO4•− PFRs BC and PFR-mediated

activation of PS ACT 2 [168]

Camphor
leaves 400 ◦C/6 h Fe (TPFPP)/BC SO4•− PFRs

OH•
PFRs-mediated electrons

transferring to iron
porphyrin-loaded BC 3

PFOA 2 [169]

Corn stalks 240 ◦C/4 h hydrochar •OH
Electrode and

PFR-mediated generation
of ROS

2,4-DCP 2 [170]

Wheat straw 450 ◦C/4 h Co3O4-BC SO4•− PFRs
OH•

Co3O4-BCmediated
activation of PMS

CAP 2 FF 2 TAP
2 [171]

Wheat straw
Urea

Iron salts
800 ◦C/1 h Fe-N-BC SO4•− PFRs

•OH • O2
−

Fe, N co-doped BC and
PFR-mediated activation

of O2 and PS
AO7 2 [172]

Candida utilis 700 ◦C/2 h NCS-x SO4•− PFRs
OH•

Activation of PMS by
nitrogen-doped biochar

nanosheets (NCS-x) using
molten salt (NaCl and KCl)

in the pyrolysis process

BPA 2 BPF 2

BPS 2 BPAF 2 [173]

Pine needles 500 ◦C nFe3O4/BC PFRs •O2H
•OH • O2

−

Activation of H2O2 by
nano-magnetite supported
biochar via Fe (III)/Fe (II)

cycling and electron
transfer with the PFRs

Ethylbenzene 2 [174]

Sewage sludge 800 ◦C/3 h SM-(0.5:1) SO4•− PFRs
OH•

Activation of PMS by
nitrogen-doped sludge
biochar with different
ratios of melamine in

acidic

Cationic/anionic
dyes 2 [175]
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Table 9. Cont.

Biomass
Pyrolysis
◦C/Time

BC-Name
Active

Radicals
Radical Mechanisms

Application 1

Degraded
Compound 2

Refs.

Elephant grass
350 ◦C, 600 ◦C

900 ◦C
30–120 min

EG OCPFRs OCPFR-mediated
oxidation CV 2 [176]

Sunflower-
straw N.R. SSBC SO4•− PFRs

OH•
Enhanced Fe (II) activation

of PS via BC and PFRs Benzoic acid 2 [177]

Pine chips 500 ◦C OP5
RP5

SO4•− PFRs
•OH • O2

−
•O2H

EDC-involved structures,
Fe3+ and BC

(PFR)-mediated activation
of PS in a Fenton-like
reaction system using

H2O2 and NaBH4

2,4-DCP 2 [178]

Rice straw 350 ◦C, 500 ◦C
700 ◦C

BCs
MBCs

BDOMs
PFRs •OH

Direct photocatalytic
degradation in BCs and

MBCs
solutions by Xenon-lamp

Oxygen reduction by FPRs
of BCs and MBCs
BDOM-mediated
generation of ROS

SMX 2 CAP 2 [179]

Pomelo peels 600 ◦C Fe@PP-Hy-Py PFRs •OH •
O2

−

Amorphous Fe
(0)-mediated formation of

PFRs
Fe (0)-mediated reduction

of PNP
EPFR-mediated oxidation

of PNP via ROS
(O2 and H2O2) activation

PNP 2 [180]

Softwood pine 823–873 K

US-BC
BC-P

BC-P-DEA
US-BC-P-DEA
US-BC-P-DEA

PFRs •OH •
O2

− •O2H

Reinforcement of PFRs
concentration doping BCs

with Ni and Pb
Activation of H2O2 by

PFRs

Phenol 2 [181]

Camphor
leaves 500 ◦C/1 h Fe (VI)/BC-2 Fe(V)/Fe(IV)

PFRs •OH

Fe (VI)-BC
(PFRs)-mediated electron

transferring and
generation of ROS

AZT 2 [182]

Bagasse
powder 800 ◦C DBC800

PBC800-A

SO4•− PFRs
•OH• O2

−
•O2H

Enhanced BC-mediated
activation of PS

Improved PFR generation
by natural endogenous

minerals

TC 2 [183]

Eichhornia
crassipes
Iron salts

400 ◦C/2 h MBC PFRs •OH•
O2

−•O2H

Fe (II)-BC-mediated
activation of H2O2

(Fenton-like system)
MNZ 2 [184]

Poplar and pine
sawdust 300–500 ◦C PO xxx

PI xxx
SO4•− PFRs
•OH• O2

−
Activation of PMS by

CCEPFRs-O and CCEPFRs
in BC

TC 2 CTC 2

DOX 2 [185]
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Table 9. Cont.

Biomass
Pyrolysis
◦C/Time

BC-Name
Active

Radicals
Radical Mechanisms

Application 1

Degraded
Compound 2

Refs.

S. alfredii Air-dried Metal@P •O2H

PFR generation by the
thermochemical behaviour

of Mn and Zn
Electron transfer

Activation of PDS by PFRs
in Fe/Zn@PB9/PDS

system
AOPs

Imidacloprid 2 [186]

Sludge N.R. N.R. SO4•− PFRs
•OH• O2

−

Production of ROS via
PFRs Mn-mediated

electron transfer through
Mn-doped sludge-based

biochar (BC) after
mediation

CIP 2 [187]

Cellulose
Lignin 200–1000 ◦C

C200, C500
C1000

L200, L500
L1000

SO4•− PFRs •
O2

−

Activation of PS adsorbed
onto BCs via PFRs,
oxygen-containing

functional groups, and
defective structures of BCs

OFX 2 [188]

Chestnut shell
KMnO4

700 ◦C/1 h
400 ◦C/1 h Mn-BC PFRs Mn-improved

electron-transfer OTC 2 [189]

Spent coffee
TiO2

300 ◦C
500 ◦C
600 ◦C

SBC500 PFRs •OH•
O2

−•O2H

Activation of H2O2 by
Ti-doped H2SO4-modified

biochar (SBCs)
(Photo-Fenton-like system)

MO 2 [190]

RS 550 ◦C/2 h BC-α-
Fe2O3/MgO

PFRs •OH•
O2

−•O2H

UV light activation of PFRs
Production of O2 upon

NPA degradation
O2 activation by PFRs

NPA 2 [191]

Sewage sludge 400 ◦C/2 h SDBC PFRs •OH•
O2

−•O2H

O2 activation by PFRs
promoted by HNO3 or

NaOH
environmental

p-Chlorophenol
2 [192]

Peanut hull 700 ◦C/2 h BC-Fe-1-Zn SO4•− PFRs
•OH

Activation of PS by
bimetal-modified peanut

hull-derived biochar via Fe
and Zn oxides and
oxygen-containing

functional groups active
sites

TC 2 [193]

Blue algae 700 ◦C Z-700
FeOX@BC

SO4•− PFRs
•OH

•O2
−•O2H

• O2
− production by FeOX

(zero-valent iron and iron
oxide)

C=C, C=O, O-C=O, Fe-O
functional groups and

PFRs promoted the
activation of PDS

TC 2 [194]
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Table 9. Cont.

Biomass
Pyrolysis
◦C/Time

BC-Name
Active

Radicals
Radical Mechanisms

Application 1

Degraded
Compound 2

Refs.

Biomass 300–1000 ◦C N.R. SO4•− PFRs
•OH • O2

−

Activation of PS and PMS
by physically and

chemically modified BCs
using acid/alkali

treatment and metal
doping via PFRs

PPCPs 2 [195]

Chicken
feathers

350 ◦C/4 h
800 ◦C/4 h

MBC35@FH
MBC80@FH

SO4•− PFRs
•OH • O2

−

Activation of PDS by the
transformation of Fe

species, oxygen-containing
functional groups, pyrrolic

nitrogen, and PFRs to
produce ROS

TPhP 2 [196]

Pine needles 300–900 ◦C BC300-900 SO4•− PFRs
•OH • O2

−
Activation of PMS by BC

via ROS production or
electron transfer capability

OFX 2 ENR 2

FLE 2 [197]

PolyS
220 ◦C/2 h $

500 ◦C /2 h #

900 ◦C /2 h #

BC500 + PS
BC900 + PS

BC500
BC900

SO4•− PFRs
•OH • O2

−

Activation of PMS using
CCEPFRs on BC aged by

microbial fermentation for
ROS production

SDZ 2 OFX 2

DOX 2 [198]

Red mud
Wheat crop 700 ◦C /2 h MRBC SO4•− PFRs •

OH

PDS activation by the
active sites of MRBC, such

as Fe (II) and PFRs
LFX 2 [199]

Various sludges 300–900 ◦C
2 h

S-HPBC
S-PBC
S-HBC

SO4•− PFRs
•OH • O2

−

Activation of PS by
PFR-mediated electrons

transferring activity
Electrons transferring to Cr

(VI) by PFRs

TC 2

Cr (VI) ⇒ Cr
(III) 1

[200]

Peanut shells 500 ◦C/4 h BC-Ce OFGs, CCPFRs

Electrons transferring to Cr
(VI) by OFGs, CCPFRs;
oxygen vacancies and
graphitic structure in

BC-Ce promoted by CeO2

Cr (VI) ⇒ Cr
(III) 1 [201]

Rice husk 400 ◦C/1 h BC400
OH• H2O2

(pH acid) Activation of O2
by phenol OH and

semiquinone types of PFRs
As (III) ⇒ As

(V) 1 [142]

Semiquinone-
type PFRs

Quinoid C=O
H2O2

(pH alkaline) Activation of
O2 by phenol OH and

semiquinone types of PFRs

Rice husk 550 ◦C RH-BC PRFs
Promotion of OCPFRs by

BC-inducted Cr (VI)
degradation

Cr (VI) ⇒ Cr
(III) 1 [143]

Stalk 450 ◦C/90 min NBC PFRs
N-doped BC-mediated

evolution of PFRs for the
transformation of Cr (VI)

Cr (VI) ⇒ Cr
(III) 1 [144]

Rice husk 500 ◦C/2h MGBs PFRs •OH •
O2

−

Efficient surface Fe (III)/Fe
(II) cycling via electron

transfer with the PFRs of
magnetic greigite/BC
composites (MGBs)

Cr (VI) ⇒ Cr
(III) 1 [145]
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Table 9. Cont.

Biomass
Pyrolysis
◦C/Time

BC-Name
Active

Radicals
Radical Mechanisms

Application 1

Degraded
Compound 2

Refs.

Sludge 220 ◦C/2h BC OCPFRs

UV-Vis photo-irradiation
enhanced the production

of PFRs
Action of OCPFRs as

electron donors to
transform Cr (VI) into Cr

(III)

Cr (VI) ⇒ Cr
(III) 1 [146]

Sludge 120 ◦C SBC120 OCPFRs
OCPFR-mediated electrons
transferring to Cr (VI) in

neutral solutions
Cr (VI) ⇒ Cr

(III) 1 [147]

270 ◦C SBC270 CCPFRs
CCPFR-mediated electrons
transferring to Cr (VI) in

neutral solutions

Rice husk 400 ◦C/1 h rUBC, rDBC Quinoid C=O
PFRs

Quinoid C=O and
PFR-mediated oxidation of

As (III)

As (III) ⇒ As
(V) 1 [202]

Maize straw
powder 500 ◦C/2 h FhBC PFRs • O2

−
•OH

Fe and PFR-mediated
activation of O2 and H2O2

As (III) ⇒ As
(V) 1 [203]

Sewage sludge 270 ◦C/2 h SBC SO4•− PFRs
•OH • O2

−
Activation of PS by SBC

via PFR-mediated
electrons transferring

As (III) ⇒ As
(V) 1 [204]

Pinewood 600 ◦C/1 h Fe/HC • O2
− •OH Activation of O2 and H2O2

by CCPFRs Estrogens 2 [205]

Rice straw 500 ◦C/1 h BiPB •OH PFRs Generation of •OH by
Bi/Bi2O3 and PFRs Estrone 2,* [206]

Anaerobic
digestion

sludge

400 ◦C 600 ◦C
800 ◦C 1000 ◦C

ADSBC 400
ADSBC 600
ADSBC 800
ADSBC 1000

SO4•− PFRs
OH•

BC-mediated activation of
PDS

Dyes 2

Estrogens 2

Sulfonamides 2

E. coli 2

Others 2

[207]

Walnut shell 700 ◦C/1 h BC700 PFRs
Oxidation by

PFRs-mediated electron
transfer

E1 2 E2 2 E3 2 [208]

Caragana
korshinskii 650 ◦C/3 h ACB-K-gC3N PFRs h+•OH•

O2
−

Electron photogeneration
and PFR-mediated

H2O and O2 activation

S. aureus 2 E.
coli 2

RhB 2 TA 2

NOR 2 CAP 2

[209]

Pinewood 600 ◦C Ag0-PBC
PFRs •OH •

O2
−

UV-light-promoted
excitation of the

electron-hole pairs and,
subsequently, the

production of ROS
Enhanced ROS generation

by PFRs

MB 2 E. coli 2 [210]

Rice straw 400 ◦C, 700 ◦C
120 min Nano-BC PFRs •OH •

O2
−

Oxidation and damage by
ROS eDNA 2 [211]
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Table 9. Cont.

Biomass
Pyrolysis
◦C/Time

BC-Name
Active

Radicals
Radical Mechanisms

Application 1

Degraded
Compound 2

Refs.

Rice straw 500 ◦C RS-BC Quinones
Phenols PFRs

By electron acceptor
capacity (EAC)

By electron donor capacity
(EDC)

� Redox
property 1

Electronic
storage 1

[212]

In the table, the voices with 1 are applications, while those with 2 are degraded compounds; BCs = biochar;
MBCs = modified-biochar; BDOMs = biochar-derived dissolved organic matters; PMS = peroxy-mono-sulfate;
BPA = bisphenol A; PS = persulfate; TDWW = textile dyeing wastewater; TC = tetracycline; (TDWW); SBC
= sawdust biochar; AO-7 = acid orange 7; RhB = rhodamine B; DOM = dissolved organic matter in BC;
CIP = ciprofloxacin; SMX = sulfamethoxazole; PDS = peroxydisulfate; CA = clofibric acid; WW = wastew-
ater; � = reversible; PNP = p-nitrophenol (water pollutant); SMT = sulfamethazine; SDZ = sulfadiazine;
OCPFRs = oxygen-centered environmental persistent free radicals; CCPFRs-O = carbon-centered environmen-
tal persistent free radicals with oxygen atoms; * photocatalytic; CCPFRs = carbon-centered environmental
persistent free radicals; BiPB = bismuth-containing BC; PFX = pefloxacin; OTC = oxytetracycline; CTC = chlorote-
tracycline; OFX = ofloxacin; AZT = atrazine; TMP = trimethoprim; AOPs = advanced oxidation processes;
ACT = acetaminophen; PFOA = perfluorooctanoic acid; 3 degradation efficiency in presence of ascorbic
acid (AA); 2,4-DCP = 2,4-dichlorophenol; CAP = chloramphenicol; FF = florfenicol; TAP = thiamphenicol;
CV = crystal violet dye; MB = methylene blue; MNZ = metronidazole; DOX = doxorubicin; xxx = refers to the
temperature of pyrolysis process; NPA = N-phosphono methyl iminodiacetic acid (organophosphorus pesticide
(OP); NOR = norfloxacin; E1 = estrone; E2 = 17-estradiol; E3 = estriol; PPCPs = pharmaceuticals and personal care
products; TPhP = triphenyl phosphate; ENR = enrofloxacin; FLE = fleroxacin (FLE); $ HTC = hydro-thermal car-
bonization; # HTP = high temperature pyrolysis; PolyS = polystyrene; OFGs = oxygen-containing functional group;
S-HPBC = S-doped hydrothermal + pyrocarbon BC; S-HBC = S-doped hydrochar, S-PBC = S-doped pyrocarbon.

Figure 11 shows the relative abundances of the types of PFR applications concerning
the 72 case studies considered here.

Figure 11. Number of publications for each type of EPR application found in the literature, consider-
ing a randomly selected population of 72 papers published from 2019 to 2023.

As for the mechanisms, many publications regarded the activation, which was some-
times photocatalytic, of PS, PMS, and PDS by BC. The employed BC was derived from
different feedstock biomasses (bagasse powder, poplar and pine sawdust, cellulose, lignin,
blue algae, waste straw, and other sources, as reported in Table 9), not doped, or doped
with nitrogen atoms or different metals including Fe, Mn, Co, Ni, Zn. In these processes,
the electron transfer promoted by metals and/or PFRs of a diverse nature, based on the
pyrolysis conditions, generated ROS such as SO4•−, •OH, •O2

−, •O2H and non-radical
species (1O2), which carried out the oxidative degradation of different organic xenobi-

174



Toxics 2024, 12, 245

otics, including drugs, dyes, antibiotics, and hormones, as well as phenols or aromatic
derivatives. Many other publications reported the use of BC to activate or photochemically
activate O2 or H2O2 (Fenton-like systems) via metal and/or PFRs-mediated single-electron
transfer. The generated ROS (•OH, •O2

−, •O2H) and oxygen non-radical species (1O2)
successfully oxidized several organic pollutants, degraded hormones, and eDNA and,
in some cases, showed antibacterial effects against E. coli and S. aureus. Moreover, the
capacity of BC to transfer electrons via transitional metals or PFRs was used to oxidize As
(III) to As (V) or reduce Cr (VI) to Cr (III), thus resulting in helping to remove hazardous
inorganic contaminants from industrial wastewater. A notable recent review reported on
the efficiency of BC/layered double hydroxide composites as catalysts for the treatment
of organic wastewater by advanced oxidation processes [213]. Several studies reported in
this paper by Liu et al. demonstrated that degradation processes were based on radical
reactions triggered by BC-associated PFRs [213].

3.2.2. BC-Associated PFRs Shadows: Cytotoxicity and Biotoxicity

Despite the plethora of possible beneficial applications of BC, PFRs, as well as other
free radicals and the toxic substances that compose BC, such as heavy metals, PAHs, diox-
ins, and perfluorochemicals (PFCs), are released into the environment during the pyrolysis
process, thus representing a potential risk to the environment and humans [214]. Addition-
ally, as well as other contaminants, the possible carbon allotropes formed during pyrolysis
are severe contaminants in air, water, and soil [215]. Black carbon, carbon black (CB),
carbon nanotubes, graphene, quantum dots, and fullerenes can possess distinct toxicity
that depends on many factors, including the type of allotrope, particle size, form, structural
defects, coating molecules, and grade of functionalization [215]. Understanding the toxicity
of carbon nanomaterials and nanoproducts that are possibly present in BC is essential for
human and environmental health, safety, and public acceptance. In this regard, recent stud-
ies have focused their attention on the adverse effects of BC due to its particle size and the
various interactions with the environment that could occur [216,217]. Upon its application,
BC may produce harmful environmental effects due to aging by oxidative or biological
processes, leading to changes in its properties [218,219]. Additionally, higher toxicity has
been reported for BC with micro- or nano-dimensioned particles. It has been reported
that the presence of micro-BC (MBC) or nano-BC (NBC) can promote the release of heavy
metal ions into the medium when applied to soil [214]. Kim et al. (2018) observed that BC
particles with a particle size of less than 0.45 μm could increase the release and mobility of
As in soil [220]. Regarding the biotoxicity of MBC/NBC, it has been previously reported
that particle-induced oxidative stress is a crucial mechanism of MBC/NBC cytotoxicity,
which increases as the particle size decreases. Also, the PFR concentration on the surface of
particles with an aerodynamic diameter of less than 1 μm is the highest [139,221]. While
several reviews and studies exist on the production and modification of BC, the reaction
mechanisms, and the beneficial active role of BC in environmental remediation, the adverse
effects and potential risks of BC have only recently been evidenced. The comprehensive
phenomena and mechanisms involved in BC toxicity still require elucidation, especially
in environmental media different from soil, including water and the atmosphere. It is
imperative to systematically study and discuss the possible adverse environmental effects
of BC application concerning various media, including water and the atmosphere, by
determining the corresponding occurrence, detection, assessment, and avoidance measures.
Worryingly, the current knowledge concerning the possible adverse effects on the environ-
ment and biota deriving from the extensive application of PFRs originating in BC is even
more limited [222]. Although they are emerging as contaminants of increasing concern,
their formation, fate, toxicity, and health risks are poorly known [222]. Thermal treatment,
a common remediation technique to clean industrial soils, induces the formation of PFRs;
this could paradoxically increase soil toxicity, which is contrary to the original remediation
objective. For example, there is still little knowledge on the formation and toxicity of
PFRs in soils contaminated by polycyclic aromatic hydrocarbons (PAHs) [223]. BC-derived
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PFRs, as well as those present in the environment and deriving from combustion and soil
restoration, the burning of coal, wood, straw, cigarettes, oil, and other fuels, and from the
restoration of organic contaminated soil, can enter the human body mainly through three
pathways including the respiratory tract, from skin exposure, and via ingestion [149]. PFRs
are not toxic to living beings and the environment, but they can stimulate the formation of
other harmful substances and free radicals, including various types of ROS, when in the
environment or in vivo [223]. As is well documented, ROS can interfere with the normal
redox and metabolic processes, thus causing oxidative stress in biota [224]. Additionally, it
has been reported that exposure to PFRs may induce cell degeneration or apoptosis and
may affect the normal functions of the heart or lungs of humans [223]. So far, cytotoxicity
and biotoxicity are the two categories of toxicity reported as attributable to PFRs (Table 10).

Table 10. Potential toxic hazards caused by PFR exposure.

Target Danger Material Source Refs.

Cells

⇑ Lungs’ T (Th1, Th2, Th17) cells PM, DCB230, MCP230 [225,226]

⇓ P450 activity PM, MCP230 [227]

Cardiomyocytes’ apoptosis DCB230 [228]

⇓ Survival of gastric epithelial cells BaP–Na montmorillonite [229]

Loss of normal morphology of pulmonary
epithelial cells DCB230 [230]

Mitochondrial depolarization DCB230 [226]

Changes in VEGF ZnO/MCB [231]

Enzymes
Proteins
Genes

Altered expression activity of Cyp1a,
Cyp2b, Cyp2e1, Cyp2d2, Cyp3a and other

genes
DCB230, MCP230 [225]

⇑ Expression levels of peroxiredoxin-6
Cofilin 1, annexin A8 MCP230, CGUFP, ZnO/MCB [226]

⇓ of GSH, GPx, SOD ZnO/MCB [232]

Organs and tissues

Altered normal renal hemodynamics and
urodynamics N.R. [233]

Liver damage N.R. [234]

Impairment of left ventricular function DCB230 [235]

Airway hyperresponsiveness
Lung inflammation MCP230 [236]

Individuals

Abnormalities in zebrafish DCB230 [237]

⇓ Growth and reproduction of luminescent
bacteria PM [238]

Altered behavior of Caenorhabditis elegans Biochar [239]

⇓ Energy consumption MCP230 [240]

Disease

⇑ Severity of the flu DCB230 [241]

Asthma MCP230 [226]

Cardiovascular disease and dysfunction DCB230 [228]

Other damage

Oxidative stress DCB230, ZnO/MCB [232]

DNA damage BaP [46]

Lipid peroxidation MCP230 [242]

⇑ Improved, increased; ⇓ decreased, inhibited; PM = particulate matter; DCP230 = 1,2-dichlorobenzene at 230 ◦C;
MCP230 = mono-chlorophenol at 230 ◦C; MCB = mono-chlorobenzene; CGUFP = combustion generated ultrafine
particle; N.R. = not reported; GSH = glutathione; GPx = glutathione peroxidase; SOD = superoxide dismutase;
VEGF = vascular endothelial growth factor.
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Usually, toxicity tests are carried out in research laboratories using both environmental
samples and lab-prepared PFRs, such as those generated by MCP230 (a mixture of CuO
and chlorophenol at 230 ◦C), DCB230 (a mixture of CuO, 0.2 μm amorphous silica and
1,2-dichlorobenzene at 230 ◦C), CGUFP (combustion-generated ultrafine particle) or other
mixtures of transitional metals and substituted aromatic compounds. For cytotoxicity
experiments, cultured cells extracted from the bronchial epithelium and rats are used,
while biotoxicity essays are carried out on plants, fishes, rabbits, and worms. Generally,
it was observed that exposure to PFRs causes oxidative stress. More specifically, the
cytotoxicity tests evidenced cell variation with decreased numbers and activity, a disparity
in protein expression, and DNA damage. Biotoxicity experiments revealed abnormalities in
development and behavior, disease, and organ and tissue damage. Although BC can serve
as an environmentally sustainable soil amendment material due to its ability to enhance
several chemical properties of soil, such as pH, electrical conductivity, CEC, and organic
carbon content, thus contributing to the overall improvement of nutrient retention in the
soil, BC amendments with high concentrations of PFRs negatively affect crop growth.

Additionally, it has been found that PFRs used in aquicultural solutions inhibited the
germination rate of different crops by ROS induction [149]. The oxidative stress brought
about by the production of ROS can also damage the plasma membrane of the root system
and hinder plant root growth. Moreover, PFRs induced neurotoxicity in Cryptobacterium
hidradenoma, transforming it into a neurotoxin for soil organisms and thereby posing a
threat to their survival.

4. Future Challenges and Risk Prevention Strategies

This review has evidenced that BC and mainly the PFRs generated during the pyrolysis
processes performed to produce it could be double-edged weapons. BC is reported to be
an eco-friendly and low-cost black gold with many beneficial properties, including the
capability to remove organic and inorganic pollutants from water by adsorption processes
and/or through its PFRs. However, several studies have reported that PFRs can be very
dangerous to the environment and humans through a ROS-dependent mechanism. In
addition to being produced by various common xenobiotics, PFRs can easily be converted
into secondary pollutants, causing further biotoxicity. The still too-little-studied transport
and transformation of PFRs in the environment can also affect the behavior of other
substances, leading to potential environmental hazards that are not yet fully understood.
Therefore, further exploration of the ecological impact of PFRs and the development of
prevention and control measures are necessary. In this regard, although some progress
has been made in terms of environmental risk and biotoxicity studies concerning PFRs,
research is still in the initial stages, and there is an urgent need for systematic and in-depth
studies on the production and transport of PFRs. A more in-depth understanding of the
influence of environmental conditions on their occurrence is needed to control the external
factors for reducing the negative output of PFRs and promoting their degradative action
on xenobiotics. More rational knowledge about their toxicity mechanisms is necessary
to have more precise toxicological equivalence regulation. A better strategy to prevent
the risks associated with PFRs could be to avoid exposure to them by reducing contact
with combustion sources, such as vehicle exhaust and cigarette smoke. Proper air filtration
systems removing PFRs from indoor air and wearing protective masks or respirators
could lower the possibility of contact with PFRs in outdoor environments. Additionally,
treatments for limiting the adverse health effects associated with PFR exposure, such as
using antioxidants, which can neutralize ROS, could be another strategy to protect humans
from the adverse impacts of PFR exposure.

5. Conclusions and Future Perspectives

The pivotal role of BC-related PFRs in BC catalytic efficiency in water and soil pollution
remediation has been reviewed in this paper. The main mechanisms by which PFRs can
originate and the main methods to detect them on BC have been discussed. The key roles
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of feedstock biomasses and pyrolysis conditions in the formation of PFRs has also been
reported. Several recent case studies concerning the critical role of PFRs in the catalytic
oxidative degradation by BC of organic pollutants and in the removal of Cr/As and other
metal ions in aqueous phase have been reported and discussed. It has been evidenced
that for organic pollutants remediation, PFRs act as activator agents of oxidant substrates,
which are subsequently involved in the degradation process. Otherwise, for metal ion
removal, the PFRs on BC act as electron transfers for the adsorption and concomitant
reduction/oxidation of metals by BC. Finally, PFRs on BC could also help mediate the
recycling of Fe3+/Fe2+ in Fenton-like processes to enhance the efficiency of BC in pollutant
removal. However, many aspects remain unclear concerning PFRs, including the influence
of BC size on the evolution of PFRs, the exact relationship between the reactivity of BC
and its size, and the overall roles and relative significance of PFRs, quinone moieties,
and the carbon structure of BC in the activation of oxidizing agents and in the redox
transformation of inorganic contaminants. Furthermore, while several studies about the
laboratory applications of BC for wastewater remediation have been developed, future
studies should concentrate on the up-scaled utilization of BC for the treatment of different
real wastewaters, such as industrial wastewater and municipal wastewater. To this end,
efforts are needed to design proper reactors and to develop methods for the large-scale
production of the desired BC. Finally, to better contribute to the circular economy, the
reutilization of spent BC should be given serious consideration.

Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/toxics12040245/s1, Table S1. Main sources and general application
of BCs; Table S2. Fast and slow pyrolysis details; Table S3. Techniques typically used to characterize
BCs in terms of their physicochemical, surface, and structural characterization; Table S4. Properties
of BCs produced from various feedstocks at various production temperatures.
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