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Editorial

Environmental Catalysis in Advanced Oxidation Processes,
2nd Edition—Preface to the Special Issue

Albin Pintar * and Gregor Žerjav *

Department of Inorganic Chemistry and Technology, National Institute of Chemistry, Hajdrihova 19,
SI-1001 Ljubljana, Slovenia
* Correspondence: albin.pintar@ki.si (A.P.); gregor.zerjav@ki.si (G.Ž.)

This Editorial, “Environmental Catalysis in Advanced Oxidation Processes, 2nd Edi-
tion”, highlights the expanding role of catalytic and photocatalytic oxidation technologies
in addressing today’s pressing environmental challenges. Bringing together advances
in catalyst design and characterization, innovative reactor engineering, and mechanistic
insights into oxidation pathways, this collection reflects the dynamic evolution of advanced
oxidation processes (AOPs). Beyond showcasing technical progress, it underscores the
importance of AOPs as key tools for achieving cleaner air and water through sustainable
and energy-efficient approaches. Motivated by the global pursuit of green and resilient
environmental technologies, this Editorial invites scientists, engineers, and students to
explore new opportunities and inspire future breakthroughs in catalysis, environmental
chemistry, and process engineering.

Featuring a collection of original research articles, this Special Issue begins with a
study on the photocatalytic degradation of levofloxacin in aqueous media using metal-free
graphitic carbon nitride (g-C3N4) under simulated solar irradiation (Contribution 1). The
authors demonstrated the catalyst’s high stability and identified the key roles of superoxide
anion radicals (•O2

−) and photogenerated holes (h+) in the oxidative degradation pathway.
In Contribution 2, biochar derived from banana peel, promoted with copper phosphide

(Cu3P), was used to activate peroxydisulfate for the efficient removal of bisphenol S (BPS). The
2% Cu3P/BPB/SPS system achieved 90% BPS degradation within 10 min, and both radical
and non-radical pathways were shown to participate in the transformation, with the authors
proposing a detailed degradation mechanism predicated on UHPLC/TOF-MS analysis.

The photo-Fenton degradation of sulfamethoxazole (SMX) was investigated to monitor
changes in aromaticity and colour during treatment (Contribution 3). Kinetic modelling
revealed that an optimal molar ratio of 1 mol SMX:10 mol H2O2 enabled a 71% elimination
of aromatic intermediates, yielding colourless water with minimal turbidity and providing
a predictive tool for efficient oxidant usage under environmentally friendly conditions.

Contribution 4 explored modified gasification slag as a low-cost catalyst for persul-
fate activation in the degradation of acetaminophen, highlighting the role of carbonyl
and graphitic nitrogen functional groups as active sites. Non-radical oxidation pathways
predominated, demonstrating the potential for industrial waste utilization in wastewa-
ter treatment.

Mo2C was evaluated as a persulfate activator for the degradation of losartan in tertiary
wastewater treatment in Contribution 5. The Mo2C/SPS system achieved complete LOS
removal and significant E. coli inactivation, particularly under simulated solar irradiation,
showcasing synergistic effects between photocatalysis and advanced oxidation for both
chemical and microbiological remediation.

Catalysts 2025, 15, 1023 https://doi.org/10.3390/catal15111023
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In Contribution 6, the influence of Au loading and TiO2 support morphology on the
catalytic wet air oxidation of glyphosate was reported. TiO2+Au catalysts demonstrated en-
hanced degradation rates, with the Schottky barrier and surface adsorption of degradation
products playing critical roles in catalyst activity and longevity.

Catalytic wet air oxidation was further applied for the disposal of excess activated
sludge from a coal chemical wastewater treatment process using Cu-Ce/γ-Al2O3 catalysts
(Contribution 7). High removal rates of volatile suspended solids (93.2%) and chemical
oxygen demand (78.3%) were achieved, and the process generated volatile fatty acids that
could serve as carbon sources for subsequent biological treatment.

Innovative reactor designs were highlighted in two studies. First, a rotating photo-
disc reactor (RPR) using ZnO doped with aluminum nanoparticles demonstrated 50–
62% pyridine degradation under natural light, emphasizing the importance of catalyst
doping and reactor design for enhanced photodegradation (Contribution 8). Second, in
Contribution 9, a 3D-printed modular photoelectrochemical (PEC) reactor was developed to
couple seawater splitting with solid-state hydrogen storage, showing excellent performance
and stability over 300 h across a broad pH range.

This Editorial also features two comprehensive reviews. Contribution 10 provides
an in-depth overview of the synthesis and photocatalytic performance of distinct nano-
oxides, including Ti, Zn, Cu, Fe, Ag, Sn, and W oxides, illustrating strategies to enhance
photocatalytic efficiency through heterostructure formation and material modification. The
second review summarizes recent advances in the removal of organic drugs using AOPs,
highlighting methods such as UV, ozone, Fenton-based processes, and heterogeneous
photocatalysis while discussing their advantages, limitations, and mechanistic insights
(Contribution 11).

Taken together, the contributions in this Special Issue provide mechanistic insights,
practical knowledge, and technological innovations that advance the field of environmental
catalysis and AOPs. They demonstrate how material design, process intensification, and
reactor engineering can improve the efficiency of pollutant removal. This Editorial is
intended as an up-to-date resource for researchers, engineers, and students, offering a
comprehensive perspective on state-of-the-art strategies to address global environmental
challenges and promote sustainable approaches for cleaner water and air.

We extend our heartfelt gratitude to all the authors for their invaluable contributions,
without which this Special Issue would not have been possible. We hope that the original
research papers and review articles included will help advance the understanding and
resolution of current challenges in the field. Our sincere thanks also go to MDPI’s Catalysts
journal for granting us the opportunity to serve as Guest Editors and contribute to the
ongoing development of environmental catalysis for water remediation. We are particularly
grateful to the Assistant Editor, Ms. Patty Ge, for her dedicated efforts and collaboration
throughout the publication process. Finally, we express our appreciation to all the reviewers
for their essential and thoughtful evaluations, which greatly enriched this Special Issue.

Author Contributions: Conceptualization, A.P. and G.Ž.; writing—original draft preparation, A.P.
and G.Ž.; writing—review and editing, A.P. and G.Ž.; funding acquisition, A.P. All authors have read
and agreed to the published version of the manuscript.

Acknowledgments: We acknowledge the financial support from the Slovenian Research and Innova-
tion Agency (ARIS) through core funding No. P2-0150.

Conflicts of Interest: The authors declare no conflicts of interest.
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Article

Peroxydisulfate Activation by Biochar from Banana Peel
Promoted with Copper Phosphide for Bisphenol S Degradation
in Aqueous Media

Alexandra A. Ioannidi 1, Orestia Logginou 1, Konstantinos Kouvelis 1, Athanasia Petala 2, Maria Antonopoulou 3,

Dionissios Mantzavinos 1,* and Zacharias Frontistis 4,*

1 Department of Chemical Engineering, University of Patras, Caratheodory 1, University Campus,
GR-26504 Patras, Greece; alex.ioannidi@chemeng.upatras.gr (A.A.I.); koskouv@chemeng.upatras.gr (K.K.)

2 Department of Environment, Ionian University, GR-29100 Zakynthos, Greece; apetala@ionio.gr
3 Department of Sustainable Agriculture, University of Patras, GR-30131 Agrinio, Greece;

mantonop@upatras.gr
4 Department of Chemical Engineering, University of Western Macedonia, GR-50132 Kozani, Greece
* Correspondence: mantzavinos@chemeng.upatras.gr (D.M.); zfrontistis@uowm.gr (Z.F.)

Abstract: In this work, the decomposition of bisphenol S (BPS) by biochar derived from banana peel
(BPB) promoted by copper phosphide (Cu3P) was examined. Different materials with Cu3P loadings
from 0.25 to 4.00 wt.% on biochar were synthesized, characterized using the Brunauer–Emmett–Teller
(BET) method, X-ray diffraction (XRD) and a scanning electron microscope (SEM) equipped with
an energy dispersive spectrometer (EDS), and evaluated. Nearly all of the synthesized materials
exhibited low to moderate adsorption capacity, attributable to their limited surface area (<3.1 m2/g).
However, in the presence of sodium persulfate (SPS), the 2%Cu3P/BPB/SPS system was capable
of removing 90% of 500 μg/L BPS in less than 10 min. The system’s performance was enhanced
under inherent pH, and the reaction rate followed pseudo-first-order kinetics with respect to BPS and
persulfate concentrations. Interestingly, the presence of 250 mg/L of sodium chloride had a negligible
effect, while low to moderate inhibition was observed in the presence of bicarbonates and humic acid.
In contrast, significant retardation was observed in experiments performed in real matrices, such as
secondary effluent (WW) and bottled water (BW). According to scavenging experiments, both radical
and non-radical mechanisms participated in the BPS degradation. Four transformation products
were identified using the UHPLC/TOF-MS system in negative ionization mode, with two of them
having higher molecular weights than BPS, while the other two TBPs involved the ring-opening
reaction, and a BPS decomposition pathway was proposed.

Keywords: endocrine disruptor; persulfate; banana; copper phosphide; transformation products

1. Introduction

The modern lifestyle has led to a significant increase in wastewater complexity, making
the adoption of more efficient water treatment methods an urgent need. The complexity
and difficulty of managing wastewater arises not only due to the higher concentration of
conventional pollutants but also due to the occurrence of emerging pollutants (EPs) such
as pharmaceuticals and personal care products (PPCPs) as well as endocrine-disrupting
chemicals (EDCs) in aqueous media [1]. Among the different technologies that have been
proposed in recent years, advanced oxidation processes (AOPs) seem to be gaining ground,
not only because of the increased yields recorded, but also due to their “green” nature [2].
The oxidative power of AOPs is attributed to reactive oxygen species, particularly hy-
droxyl radicals (•OH), which are generated in situ. However, other reactive species, such
as sulfate radicals SO4

•− can also act either exclusively or as supplementary agents in
various AOPs [3,4]. Sulfate radical generation derives from the activation of persulfates

Catalysts 2024, 14, 789. https://doi.org/10.3390/catal14110789 https://www.mdpi.com/journal/catalysts4
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or peroxydisulfates by different methods, including thermal [5], base [6], UV radiation [7],
ultrasound [8], electrochemical [9], and chemical activation [10]. Considering chemical acti-
vation, transition metals such as ferrous iron (Fe2+), cobalt (Co2+) and manganese (Mn2+)
are dissolved in aqueous media and react with the persulfate anion initiating reactions to
produce the highly reactive sulfate radicals, thus eliminating the need for energy input.
However, dissolved metals can lead to secondary pollution and require an additional
treatment step for their removal before effluent discharge, increasing both the cost and
complexity. Additionally, the pH and composition of aqueous matrices significantly affect
transition metal species, often leading to a reduction in process performance [11]. To over-
come these challenges, researchers have turned to heterogeneous activation systems using
different catalytic materials, mainly metal oxides, as persulfate activators [12]. Specifically,
cobalt oxides (CoOx) have been successfully used in wastewater treatment systems for
the activation of persulfates (SPS/CoOx systems) and the elimination of emerging con-
taminants, such as pharmaceuticals and personal care products, through the formation of
sulfate radicals [13].

In addition, a less toxic and more abundant metal, such as copper (Cu), has been
adopted as a heterogeneous persulfate activator in various formulations, such as CuOx [14]
and Cu3P [15]. Regarding CuOx, two opposing perspectives on the degradation mechanism
of probe compounds have been reported [16,17]. Zhang et al. [16] suggested a non-radical
pathway for the decomposition of 2,4-dichlorophenol in the CuO/persulfate system, while
Lei et al. [17] attributed the observed phenol degradation in the CuO-Fe3O4/persulfate
system to sulfate radicals. A subsequent study on the CuO/persulfate system bridged these
views, proposing that both radical and non-radical mechanisms may occur depending
on the experimental conditions [18]. Apart from metal-based heterogeneous persulfate
activators, metal-free materials have also been successfully adopted in EC degradation
systems. In this class, carbon-based materials hold the lion’s share due to their robust
mechanical properties, tunable chemical composition, large surface area, porosity, and
flexible physical forms [19]. For example, Zhang et al. used granular activated carbon
as a heterogeneous peroxymonosulfate activator for the degradation of azo dye Acid
Orange 7 (AO7) and concluded that AO7 was effectively removed through reactions with
sulfate radicals [20]. AO7 degradation was also studied by Chen et al. [21] using carbon
nanotubes as the peroxymonosulfate activator. According to the authors, although the
dominant degradation mechanism is based on radical formation, under specific conditions,
such as high chloride concentrations in the aqueous media, the non-radical mechanism
also contributes [21]. In contrast, another study reported that single- or multi-walled
carbon nanotubes can activate persulfate to effectively degrade phenol without involving
the formation of SO4

•− [22]. A novel approach that considers carbon-based materials
was presented by Bekris et al. [23], who examined a commercial graphene nano powder
as a heterogeneous persulfate activator for the destruction of the endocrine disruptor
propylparaben (PP) and found that over 95% of propylparaben (PP) was removed in a
very short reaction time (15 min), while both sulfate and hydroxyl radicals with hydroxyl
radicals being the dominant species participating in PP degradation [23].

Recently, biochar (BC), a key category of carbon-based heterogeneous catalysts, has
been applied in AOPs for the degradation of various micropollutants [24]. Biochars are
produced through the thermal decomposition of biomass in an environment with little or no
oxygen, a process known as pyrolysis. This process converts biomass into a stable, carbon-
rich material that resembles charcoal but has specific properties that make it very useful in
a variety of applications. Among BCs desirable characteristics, high surface area, porous
structure, thermal stability, and a great amount of surface functional groups are the most
crucial for environmental applications [25]. It should be noted, however, that BC properties
are highly connected with the synthesis conditions (pyrolysis temperature and duration)
and the pristine waste material used as the carbon source (such as crop residues, food and
vegetable wastes) [26]. Finally, it should be noted that the use of materials that are residues
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from other processes, such as biochar, is highly promoted in the context of sustainability
and the circular economy for the integrated design of new processes and systems.

Biochar from pomegranate peel was effectively used to activate persulfate for the
degradation of Losartan in water showing great stability and reusability properties [27],
while BC derived from lemon stalks showed promising efficiency for the destruction of
another pharmaceutical agent, sulfamethoxazole, in a biochar (BC)/persulfate (SPS) sys-
tem [28]. Furthermore, in the study by Grilla et al., the authors pointed out the significant
impact of the presence of various inorganic ions in real water matrices on the efficiency
of BC derived from spent malt rootlets for the decomposition of the antibiotic trimetho-
prim [29]. In addition, different modifications, such as anion doping, metal deposition and
so on, have been examined to further improve biochar activity. For instance, Zhu et al. [30]
enhanced the catalytic performance of biochar by utilizing nitrogen doping, which signifi-
cantly influenced the BC’s surface characteristics, porosity, and graphitic carbon structure.
Additionally, Hussain et al. [31] explored the combination of biochar with transition metals,
particularly Fe0, to activate persulfate for the oxidation of nonylphenol. This approach
resulted in a degradation rate that was markedly higher than the one observed when
persulfate was activated by either Fe0 or biochar alone.

Recently, transition metal phosphides (TMPs) have gained attention for their appli-
cation in AOPs, particularly in combination with persulfate, showing high efficiency in
removing persistent organic pollutants [32]. TMPs are characterized by a relatively small
difference in electronegativity between most transition metals and phosphorus, allowing
the M−P bond to exhibit both covalent and ionic characteristics, resulting in partial charges
on the metal and phosphorus ions. This facilitates the redox cycle of M(n+m)+/Mn+, en-
hancing catalytic activity [33]. Additionally, the strong M−P bond provides TMPs with
high stability, even in acidic conditions [34]. The phosphorus lattice, which serves as a
scaffold for metal nanoclusters, features a graphene-like network structure that enhances
electron transfer and interfacial reactions [35]. Due to these properties, TMPs have been
recognized as versatile catalysts in hydrogenation systems, water–gas shift reactions, and
energy storage.

Indeed, Wang et al., [36] in their interesting work, examined the combination of copper
phosphide with biochar obtained from phytic acid-doped rice brans for the degradation
of sulfamethoxazole using activated persulfate. The study revealed promising results
including the destruction of 0.25 mg/L of the antibiotic in less than 30 min. Interestingly,
the authors used phytic acid as a source of phosphorus in the context of the circular
economy; however, a relatively high loading of copper was used (9–13% Cu). Since lower
metal loadings are considered less expensive and show higher dispersion while at the
same time suffering from lower leaching, the use of significantly lower loadings (up to
approximately 4%) was considered in this work. At the same time, banana peel was used as
the biomass source since it constitutes a significant part of food waste in several countries.

In this context, this study first synthesized biochar (banana peel biochar, BPB) by
pyrolyzing banana peels at 850 ◦C for 3 h. It was then modified by the addition of different
loadings of copper phosphide (Cu3P, 0.25–4.00% wt.). Subsequently, Cu3P/BPB catalysts
were tested as heterogeneous sulfate persulfate (SPS) activators for the degradation of
bisphenol S (BPS) in water. BPS is a chemical compound mainly used as a substitute for the
endocrine disruptor Bisphenol A (BPA) in various products, such as plastics and thermal
paper. Like BPA, BPS is an organic compound with two phenolic groups; however, instead
of methylene, BPS contains a sulfur group. The use of BPS has increased as BPA has been
restricted or banned in many countries due to concerns about its health effects. However,
there are worries that BPS may have similar negative effects, such as estrogenic activity and
high toxicity, while research also questions the investigation of the transformation products
derived from BPS degradation.

From this perspective, the influence of Cu3P loading on the biochar, along with
the effect of pH, was examined, as well as the impact of the initial concentrations of
BPS, SPS, catalyst, and the water matrix on BPS degradation. Additionally, the reaction
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mechanism and the transformation products were investigated for the first time with the
proposed system.

2. Results

2.1. Physicochemical Characteristics

The specific surface area (SSA) of the synthesized catalysts was determined through
nitrogen physisorption at liquid nitrogen temperature (77 K), employing the Brunauer–
Emmett–Teller method. It was found that the SSA of the BPB was 1.5 m2 g−1 and doping
with Cu3P slightly increased the SSA of the BPB. Specifically, for all Cu3P/BPB samples
analyzed, the SSA value was 2.0 ± 0.5 m2 g−1 except for 2% Cu3P/BPB, which had an
SSA of 3.1 m2 g−1 (Table S1). Additionally, the characteristic BET isotherms of BPB, 0.5%
Cu3P/BPB and 2% Cu3P/BPB are displayed in Figure S1. This substantially low value is
likely due to the high temperature (850 ◦C) during the pyrolysis, which typically leads to
the decomposition of the organic compounds and the formation of condensed structures
with reduced porosity [28,37]. Additionally, the introduction of Cu3P onto the biochar’s
surface did not alter the overall SSA value as anticipated, due to the low loading.

The pristine biochar as well as the optimum copper phosphide-modified catalyst (2%
Cu3P/BPB) were characterized by means of X-ray diffraction (XRD) and the results are
summarized in Figure 1. The XRD pattern of the pristine biochar (BPB) indicates that the
main crystalline phase is attributed to sylvite (KCl) with characteristic diffraction peaks
observed at 28.45◦, 40.71◦, 50.32◦, 58.32◦, 66.55◦ and 73.86◦, corresponding to (200), (220),
(222), (400), (420), (422) crystallographic planes, respectively (JCPDS No 41-1476) [38].
The presence of KCl crystallites stems from the high potassium content in the banana
peel (approximately 80 g/kg), resulting in the formation of potassium-based salts of high
crystallinity after pyrolysis [39]. Additionally, no distinct peaks corresponding to carbon
were detected, presumably due to the amorphous nature of the carbonaceous species.

 

�

Figure 1. XRD pattern of the pristine biochar and the 2% Cu3P/BPB composite catalyst.

As expected, the incorporation of Cu3P onto the biochar surface did not result in any
observable diffraction peaks associated with Cu3P. This absence can be explained by the
low Cu3P content (2%) in the composite catalyst along with the homogeneous distribution
of copper phosphide across the biochar surface.
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Scanning electron microscopy (SEM) and energy dispersive spectrometer analysis
(EDS) were conducted to examine the surface morphology, elemental composition and
microstructural features of the synthesized catalysts (Figure 2). As demonstrated in
Figure 2A,B, both the pristine biochar and the copper-modified catalyst exhibited a highly
crystalline structure, and the morphology appeared to resemble a hollow rod. The similar
structure of both catalysts underscores the repeatability and consistency of the employed
synthesis method.

 

 

 

Figure 2. SEM images of (A) BPB and (B) 2% Cu3P/BPB, (C) EDS spectrum corresponding to 2%
Cu3P/BPB and (D) elemental mapping for copper (red dots) and phosphorus (green dots).

The EDS analysis (Figure 2C,D) confirmed the successful formation of Cu3P with
the presence of characteristic peaks for both phosphorus (P) and copper (Cu) and its
uniform dispersion. The reinforced intensity of the phosphorus peak can be attributed to
the inherent P content in the banana peel. Furthermore, the EDS data revealed that the
wt.% of carbon in both samples exceeded 80% and confirmed the potassium-rich nature of
the BPB (>5 wt.%).

2.2. Catalytic Results
2.2.1. Catalytic Activity of Cu3P/BPB

The synthesis conditions are crucial for catalytic performance; therefore, to investigate
the catalytic efficiency of BPB and the enhanced Cu3P/BPB samples (0.25–4.00% wt.) in
activating persulfate (SPS), catalytic experiments for BPS (0.5 mg/L) degradation were
conducted in ultrapure water (UPW), and the results are presented in Figure 3. As shown
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in Figure 3A, the biochar derived from banana peel exhibits very low catalytic activity for
BPS oxidation. The addition of 0.25% Cu3P to BPB increased its catalytic activity, resulting
in 45% BPS removal within 15 min. Additionally, 0.5% Cu3P/BPB, 1% Cu3P/BPB, 2%
Cu3P/BPB, and 4% Cu3P/BPB achieved 62%, 82%, 95%, and 100% BPS removal in the
same time frame, respectively.

 

Figure 3. Effect of copper phosphide content (0–4% wt. Cu3P) on the degradation of BPS over
Cu3P/BPB and SPS at (A) inherent pH = 5.1, (B) pHbuffer = 3, (C) pHbuffer = 7.5, and (D) pHbuffer = 9.
Experimental conditions: [BPS] = 500 μg/L, [# wt.% Cu3P/BPB] = 250 mg/L and [SPS] = 500 mg/L.

Recognizing that adsorption is essential for heterogeneous catalysis, adsorption ex-
periments were performed using 250 mg/L of the catalysts at inherent pH in the absence
of persulfate and the results are shown in Figure S2. It was observed that low loadings of
Cu3P (0.25%, 0.50%, and 1.00% wt.) did not affect the adsorption efficiency of the biochar,
with BPS adsorption being negligible. However, increasing the Cu3P loading to 2% wt.
resulted in noticeable BPS removal (36% within 15 min). Further increasing the Cu3P
content to 4% wt. led to a decrease in BPS removal to 22% within 15 min. This reduction in
adsorption may be due to an excess of Cu3P, which leads to the blocking of active sites on
the catalysts [40]. Thus, no higher loadings of Cu3P on BPB were prepared.

Furthermore, since environmental matrices and wastewaters exhibit pH variability,
all the synthesized materials were tested catalytically at various pH levels using buffer
solutions to avoid changes in pH during treatment. At pH 3, the order of catalytic efficiency
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of the Cu3P/BPB samples did not change, but an inhibition of BPS degradation was
observed for all Cu3P/BPB samples compared to BPS degradation at inherent pH. At
pH 7.5 and 9, all the samples showed even lower catalytic performance (Figure 3B,C) for
BPS. However, the most notable finding in Figure 3B,C is that the 4% Cu3P/BPB exhibited
a lower catalytic yield than the 2% Cu3P/BPB.

The efficiency of the proposed system under alkaline conditions (pH 9) is shown
in Figure 3D. As shown, the oxidation of BPS was significantly decreased compared to
the results at inherent pH and under acidic conditions. A similar behavior observed in
different heterogeneous advanced oxidation processes is mainly attributed to the effect
of pH on both the generation of reactive species and the adsorption capacity. In addition,
in heterogenous systems, metal leaching can contribute to reduced efficiency or lead to
homogeneous reactions.

It is well established that sulfate radical formation is more favorable under acidic
conditions, whereas under alkaline conditions, SO4

•− reacts with HO− to produce addi-
tional •OH. However, the redox potential of hydroxyl radicals diminishes as the solution
becomes more alkaline, leading to a hindrance in BPS oxidation [41]. Despite the favorable
formation of SO4

•− at pH 3, an excess of these radicals can lead to self-scavenging reactions,
significantly decreasing process efficiency

The other factor that can explain the behavior of 4% Cu3P/BPB and 2% Cu3P/BPB
under neutral and alkaline conditions is adsorption. As previously mentioned, the 4%
Cu3P/BPB material exhibited a lower adsorption capacity than the 2% Cu3P/BPB at
inherent pH, and this capacity decreases even further as the pH increases from 5.2 to 7.5
compared to the 2% Cu3P/BPB (Figure S2B). These results confirm the crucial role of pH
in the interplay between mass transfer (adsorption) and chemical processes (mechanism
and production of reactive species), thereby affecting the system’s efficacy. Therefore,
considering both the synthesis cost and the material’s performance in BPS degradation
across a wide pH range, the 2% Cu3P/BPB was selected for further examination.

2.2.2. Effect of Initial Concentration of SPS, 2% Cu3P/BPB, and BPS

The effect of the concentration of SPS, 2% Cu3P/BPB, and BPS on BPS degradation
in the 2% Cu3P/BPB/SPS system was examined and the results are depicted in Figure 4.
As shown in Figure 4A, the degradation of BPS gradually accelerated with an increase in
SPS concentration. When the SPS concentration increased from 0 mg/L to 500 mg/L, the
performance of the system was greatly enhanced. The BPS removal increased from 15%
to 93% within 5 min. Referring to kapp as shown in Table 1, the kapp increased 9.5-fold
when the SPS dosage was raised from 65 mg/L to 500 mg/L. Nevertheless, the subsequent
parameters were examined using 250 mg/L SPS in spite of the great efficiency that the
present system showed using 500 mg/L SPS. However, keeping in mind that increased
oxidant concentration raises associated costs, thus hindering industrial application, and
considering the WHO’s suggested limit for sulfate anions, which affects the taste of drinking
water [42], the subsequent parameters were examined using 250 mg/L SPS.

Table 1. kapp values for 0.5 mg/L BPS degradation with 250 mg/L 2% Cu3P/BPB for various initial
concentrations of SPS in UPW and inherent pH.

[SPS], mg/L kapp, min−1 R2

0 0.0315 ± 0.0021 0.97
65 0.0620 ± 0.0016 0.98
125 0.0934 ± 0.0018 0.98
250 0.1295 ± 0.0017 0.95
500 0.5885 ± 0.0033 0.97

10



Catalysts 2024, 14, 789

 

 

Figure 4. (A) Effect of initial concentration of SPS on the degradation of 0.5 mg/L BPS with 250 mg/L
2% Cu3P/BPB at inherent pH = 5.2. (B) Effect of initial concentration of 2% Cu3P/BPB on the
degradation of 0.5 mg/L BPS with 250 mg/L SPS at inherent pH = 5.2 and (C) effect of initial
concentration of BPS on its degradation with 250 mg/L 2% Cu3P/BPB and 250 mg/L SPS at inherent
pH = 5.2 (numbers in brackets show apparent rate constants).

Furthermore, different concentrations of 2% Cu3P/BPB were applied to illustrate the
effect of the treated biochar dosage using 250 mg/L SPS and 0.5 mg/L BPS (Figure 4B).
A higher concentration of 2% Cu3P/BPB was beneficial for system efficiency, since more
active sites were available for the activation and adsorption of SPS and BPS, respectively.
BPS removal rates of 2%, 50%, 65%, 74%, and 90% were achieved at 10 min when the
biochar concentrations were 0 mg/L, 65 mg/L, 125 mg/L, 250 mg/L, and 375 mg/L,
respectively. In addition, the experiment conducted without 2% Cu3P/BPB demonstrated
the inability of SPS alone to degrade BPS, despite being a mild oxidant. Considering the
satisfactory efficiency of the system in UPW using 250 mg/L of 2% Cu3P/BPB, where BPS
removal after 30 min of reaction was nearly equivalent to that achieved using 375 mg/L of
2% Cu3P/BPB, the concentration of 2% Cu3P/BPB was set at 250 mg/L.
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Continuously, knowing that the performance of advanced oxidation processes is
strongly dependent on the concentration of micropollutants, the performance of the pro-
posed system was examined using different BPS concentration in the μg/L range [43].

Thus, three experiments were conducted with initial BPS concentrations of 0.25 mg/L,
0.5 mg/L, and 1 mg/L (Figure 4C). As seen in Figure 4C, the 2% Cu3P/BPB/SPS system
showed very promising results, especially at lower BPS concentrations. BPS was almost
completely oxidized within 10 min when its initial concentration was 0.25 mg/L. Corre-
spondingly, the apparent kinetic constant for the initial concentration of 0.25 mg/L BPS is
nearly double that of the initial concentration of 0.5 mg/L and 4.1-fold higher than that
of the initial concentration of 1 mg/L. The reduction in the value of the apparent rate
constant indicates that the degradation rate of BPS follows pseudo-first-order kinetics.
Similar behavior has been observed in comparable systems (biochar/persulfate systems)
as well as in other AOPs, such as photocatalysis and electrochemical oxidation [42,44,45].

2.2.3. Effect of Water Matrix

Figure 5 shows the performance of the 2% Cu3P/BPB/SPS process on BPS degradation
for various synthetic and real water matrices. Table 2 presents the physicochemical charac-
teristics of BW and WW. Interestingly, the presence of NaCl did not affect the performance
of the system, whereas the presence of bicarbonates and humic acid had a negative impact
on BPS degradation. This could be attributed to the hindrance of BPS adsorption caused by
HCO−

3 and humic acid (HA), as well as the competition between BPS and both inorganic
and organic matter for the produced reactive species and the catalyst surface.

Figure 5. Effect of the water matrix on 0.5 mg/L BPS degradation with 250 mg/L 2% Cu3P/BPB and
250 mg/L SPS.

The negligible and negative effects of NaCl and HCO−
3 , respectively, have also been

reported by Zhong et al. [46], who studied the elimination of tetracycline using persulfate
activated by N and Cu codoped biochar. Additionally, based on the results regarding the
effect of pH, the increase in pH to alkaline conditions may contribute to the inhibition of
BPS in the presence of bicarbonate [46]. Furthermore, since it is well known that Cl− and
HCO−

3 react with SO4
•− and HO•, the observation of negligible and moderate inhibition
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likely suggests that both radical and non-radical mechanisms contribute to the destruction
of BPS.

Table 2. Physicochemical characteristics of the water matrices used in this work.

Parameter Wastewater (WW) Bottled Water (BW)

pH 8.5 7.4

Conductivity (20 ◦C), [μS/cm] 934 513

Total dissolved solids (TDS), [mg/L] 654 312

Total suspended solids (TSS), [mg/L] 22 -

Total hardness (CaCO3), [mg/L] 287 260

Chemical oxygen demand [mg/L] 48.5 -

Total organic carbon [mg/L] 4.7 -

Chlorides (Cl−), [mg/L] 262 26.1

Bicarbonates (HCO3
−), [mg/L] 278 380

Sulfates (SO4
2−), [mg/L] 62.3 14.7

Phosphates (PO4
−) [mg/L] 14.9 -

Nitrates (NO3
−), [mg/L] 2.3 12.4

Bromides (Br−), [mg/L] 165.6 -

Ca2+ [mg/L] 112 92.7

K+ [mg/L] 15.4 0.6

Na+ [mg/L] 76.3 5.5

On the other hand, in the presence of BW and WW, the degradation rate of BPS
was significantly reduced, achieving only 20% and 15% BPS removal after 30 min in
BW and WW, respectively, under the experimental conditions investigated. The reduced
performance in real matrices is mainly due to the presence of bicarbonates, natural organic
matter, and increased pH, as illustrated in Table 2. This finding is consistent with the
results of Wang et al. [36], who studied the degradation of sulfamethoxazole using Cu3P-
doped biochar derived from rice bran, although synthesized through a different process
than that employed in the present study, and Alexopoulou et al. [15], who examined
the efficiency of the Cu3P/SPS system for sulfamethoxazole degradation. Both studies
demonstrated that the system’s performance decreased as the complexity of the water
matrix increased.

2.2.4. Examination of Reactive Species Contribution Using Scavengers

To assess the impact of reactive species, quenching experiments were conducted
using 9.24 mM methanol (MeOH), 9.24 mM tert-butanol (t-BuOH), and 9.24 mM sodium
azide (NaN3) to scavenge SO4

•−, •OH and 1O2, respectively [47–50]. Notably, although
NaN3 is a well-known scavenger for 1O2, it can also react with HO• at a nearly similar
kinetic rate [49,51]. In addition, MeOH is an effective scavenger of both SO4

•− and •OH
since MeOH reacts nearly 100 times faster with SO4

•− than •OH [50] while t-BuOH can
be considered as a potent scavenger for •OH reacting 1000 times faster with •OH than
SO4

•− [47,50,51]. As illustrated in Figure 6, the addition of each quenching agent decreased
the efficiency of the 2% Cu3P/BPB/SPS process with NaN3 showing the greatest inhibition
followed by MeOH and t-BuOH. Correspondingly, the kapp value was reduced 1.51-fold,
1.73-fold, and 3.91-fold for t-BuOH, MeOH, and NaN3 compared the kapp without a
scavenger (Table 3).

These results indicate that both SO4
•− and •OH actively contribute to the degradation

of BPS in the 2% Cu3P/BPB/SPS system. In detail, the possible radical pathway involves
the generation of SO4

•− through the activation of SPS via direct electron transfer processes,
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either on the surface of 2% Cu3P/BPB catalyst or from BPS molecules adsorbed onto
the biochar surface. The SO4

•− may then interact with H2O and/or HO− adsorbed
molecules to form •OH further promoting the decomposition of BPS. On the other hand,
the non-radical mechanism, which appears to be the dominant pathway, likely proceeds
through electron transfer to SPS facilitated by surface defects on the 2% Cu3P/BPB catalyst
resulting in the formation of superoxide anions O2

•− which subsequently interact with H+

to generate singlet oxygen (1O2) [46,52].

Figure 6. Effect of scavengers on 0.5 mg/L BPS degradation with 250 mg/L 2% Cu3P/BPB and
250 mg/L SPS in UPW.

Table 3. kapp values for 0.5 mg/L BPS degradation for several scavengers at inherent pH. Ex-
perimental conditions [2% Cu3P/BPB] = 250 mg/L and [SPS] = 250 mg/L in UPW, molar ratio
[scavenger]

[SPS] = 8.8.

Scavenger kapp, min−1 R2

Without scavenger 0.1295 ± 0.0017 0.95
9.24 mM t-BuOH 0.0857 ± 0.0013 0.92
9.24 mM MeOH 0.0748 ± 0.0011 0.93
9.24 mM NaN3 0.0331 ± 0.0014 0.91

Similar results were reported by Rong et al. [50], who investigated the reaction mecha-
nism of the γ-Fe2O3@banana peel biochar/persulfate system for the degradation of bisphe-
nol A (BPA). In their study, in addition to the mechanism mentioned above, they reported
that O2

•− could be produced by molecular oxygen gaining an electron from persistent free
radicals (PFRs), such as phenoxyl radicals, generated during the process. Interestingly,
the results of this work contrast with those of Wang et al. [36] who studied the reaction
mechanism of Cu3P-doped biochar derived from rice bran. In their study, they found that
the dominant pathway involved radicals, while non-radical species (1O2) played only a
minor role in sulfamethoxazole oxidation.

2.3. Proposed Transformation Pathways

To identify the TBPs that are formed during the process as well as to propose the
transformation pathways of BPS, an analysis of the various samples at different process
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stages was performed by UHPLC/TOF-MS system in negative ionization mode. All the
data obtained from the analysis are presented in Table 4, providing significant structural
information about the generated TBPs. More specifically, four main TBPs were detected dur-
ing the degradation of BPS, along with their accurate mass values and their corresponding
ion molecular formula.

Table 4. High-resolution mass spectrometry (HRMS) data of BPS and its TBPs.

BPS/TBP Code Ion Molecular Formula m/z [M-H]− Δ (ppm) DBE

BPS C12H9O4S− 249.0229 −0.7 8.5
TBP 1 C24H17O8S2

− 497.0357 2.7 16.5
TBP 2 C24H17O8S2

− 497.0364 1.3 16.5
TBP3 C8H9O5S− 217.0176 4.2 4.5
TBP 4 C10H7O3S− 207.0119 1.3 7.5

Two isomeric species at m/z 497.0357–497.0364 with ion molecular formula C24H17O8S−2
were detected, implying the formation of TBPs with higher molecular weight than the par-
ent compound. Transformation of BPS is initiated with the formation of the corresponding
radicals that undergo fast, radical-mediated isomerization reactions to produce TBP1 and
TBP2. In accordance with our results, similar dimers were identified during the degradation
of BPS by heat-activated persulfate [53]. The formation of TBPs with higher molecular
weight than the parent compound is well-documented in the literature, especially for
molecules bearing the phenolic ring. A representative example also concerns bisphenol-A
(BPA), a compound with many structural similarities with BPS, as during its oxidation
by different methods, including persulfate-based processes, various intermediates arising
mainly from coupling reactions of free radicals were identified [41,54–57].

The other two TBPs involved ring-opening reactions. TBP3 with m/z 217.0176 corre-
sponded to ion molecular formula C8H9O5S−. TBP 4 yielded [M-H]− ions at m/z 207.0119
with ion molecular formula of C10H7O3S− and double bond equivalents (DBE) equal to
7.5. Its molecular formula along with the decreased DBE implies the opening of one of
the phenolic rings, allowing the suggestion of a structure. TBP3 as well as other ring-
opening intermediates were also identified during the photocatalytic oxidation of BPS by
Coha et al. [58].

Based on the above, the proposed transformation pathways of BPS include radical
coupling and ring opening reactions (Figure 7). As already discussed in Section 2.2.3, both
routes are available because of the reactive species that are generated during the process.
SO4

•− are produced through the activation of SPS via direct electron transfer mechanisms
either (i) on the surface of Cu3P or (ii) from BPS molecules adsorbed by the catalyst.
Subsequently, SO4

•− can be converted to HO• that also contributes to the transformation
of BPS. Thereafter, the H2O2 that is produced by the self-quenching of HO• can generate
O2

•− (with the simultaneous reduction of Cu2+) which is rapidly transformed to 1O2 in
a consequent step [36]. The contribution of the reactive species has also been verified
by scavenging experiments (Table 3). Although the evolution profiles of the generated
TBPs were not possible to follow, due to their fast formation and dissipation, all the TBPs
exhibited quite similar relative abundance, thus implying that the cleavage of the aromatic
ring as well as the polymerization reactions are very important transformation routes that
take place simultaneously, under the adopted experimental conditions.
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Figure 7. Proposed transformation pathways of BPS.

3. Materials and Methods

3.1. Chemicals and Aqueous Matrices

For the modified catalyst synthesis, copper (II) nitrate trihydrate (Cu(NO3)2 · 3H2O
CAS: 13778-31-9) and sodium hypophosphite monohydrate (NaH2PO2 · H2O CAS: 10039-
56-2) were purchased from Alfa Aesar, while trisodium citrate dihydrate (Na3C6H5O7 ·
2H2O CAS: 6132-04-3) and ammonia solution 25% (NH4OH CAS: 1335-25-3) were provided
by Sigma-Aldrich.

For the experimental procedure, Bisphenol-S (BPS) (C12H10O4S CAS: 80-9-01), sodium
persulfate (Na2S2O8 CAS: 777-5-27-1), methanol (CH3OH, CAS: 67-56-1), tert-Butyl alcohol
(C4H10O, CAS: 75-65-0), sodium chloride (NaCl, CAS: 7647-14-5), humic acid (C187H186O89N9S,
CAS: 1415-93-6) and sodium bicarbonate (NaHCO3, CAS: 144-55-8) were all sourced from
Sigma-Aldrich and utilized without any further purification.

3.2. Catalyst Preparation
3.2.1. Banana Peel-Derived Biochar Synthesis

For the preparation of the pristine biochar, banana peels were collected and dried at
60 ◦C for 2 d in order to reduce moisture content to less than 15%. The dried peels were
ground into smaller particles using a mortar, and the resulting powder was subjected
to pyrolysis at 850 ◦C for 3h under inert N2 atmosphere to prevent combustion. The
BC particles were sieved through a No. 270 mesh, corresponding to a particle size of
approximately 53 μm and used without any further treatment.
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3.2.2. Copper Phosphide-Modified BPB Synthesis

For the growth of Cu3P crystallites onto biochar’s surface, a two-step process was uti-
lized involving the preparation of copper hydroxide Cu(OH)2 followed by low-temperature
treatment in the presence of phosphorus precursors. Initially, predetermined amounts of
copper nitrate (Cu(NO3)2 · 3H2O) and sodium acetate (Na3C6H5O7 · 2H2O) were added
to 100 mL of UPW and vigorously stirred for 15 min. Ammonium hydroxide (NH4OH)
was then introduced drop-wise into the solution followed by the gradual addition of a
2M sodium hydroxide (NaOH) solution until Cu(OH)2 precipitated. The obtained bluish
powder was collected by vacuum filtration and dried for 12h.

In the second step, a fixed amount of BPB (2 g) was mixed with a stoichiometric
amount of Cu(OH)2 in 30 mL of UPW. The solution was sonicated in an ultrasonic bath for
2 h and the mixture was filtered under vacuum and dried at 60 ◦C overnight. The resulting
powder was subsequently mixed with an appropriate quantity of sodium hypophosphite
monohydrate (Na2H2PO4 · H2O) and subjected to thermal treatment at 300 ◦C for 3 h
under N2 flow.

3.3. Catalyst Characterization

The specific surface area (SSA) of the samples was calculated employing the Brunauer–
Emmett–Teller method with nitrogen physisorption conducted at liquid nitrogen temper-
ature (77 K). The measurements were performed using a micromeritics Gemini III 2375
instrument (Norcross, GA, USA). X-ray diffraction (XRD) patterns were obtained using
a Brucker D8 Advance instrument (Billerica, MA, USA), equipped with Cu Ka radiation
source. The patterns were recorded over a 2θ range spanning from 20 to 80◦. The identifica-
tion process was performed according to standards from JCPDS cards. The morphology
as well as the elemental composition of the samples was investigated using a scanning
electron microscope (SEM) (JEOL 6300, Peabody, MA, USA) equipped with energy dis-
persive spectrometer (EDS) and the analysis conducted at the Electron Microscopy and
Microanalysis Laboratory of the University of Patras.

3.4. Experimental Procedure

A stock solution of 10 mg/L Bisphenol-S (BPS) was prepared in UPW and subse-
quently diluted to create the appropriate working solutions. Degradation experiments
were conducted in a Pyrex vessel with a total volume of 100 mL at ambient temperature
and pressure. A predetermined amount of catalyst and SPS was simultaneously dispersed
in 60 mL of aqueous BPS solution without pH adjustment. Buffer solutions were used
only when studying the effect of pH. Samples were withdrawn at fixed time intervals,
treated with 0.3 mL of methanol to terminate the reaction, and then filtered using a 0.22 μm
PVDF filter.

3.5. Analytic Techniques

The concentration of BPS was monitored at 260 nm by means of high-performance
liquid chromatography (Waters Alliance 2695, Milford, MA, USA) coupled with UV diode
array detector with a C18 reversed-phase column (Kinetex XB-C18, 2.1 mm; 2.6 mm inner
diameter × 50 mm length) (Milford, MA, USA). The mobile phase consisting of 70:30 water
with 0.1% v/v H3PO4: acetonitrile eluted isocratically at 0.2 mL/min and 45 ◦C, while the
injection volume was 100 μL.

3.6. Analysis of Transformation By-Products (TBPs)

The identification of TBPs was performed using a Bruker micrOTOF Focus II mass
spectrometer coupled to a Dionex (Thermo Scientific, Waltham, MA, USA) Ultimate 3000
UHPLC. The high-resolution mass spectrometer was operated in negative ionization mode
and the dry gas flow rate, nebulizer pressure, capillary voltage and dry temperature were
set at 8 L min−1, 2.4 bar, 4500 V and 200 ◦C, respectively. The calibration of the mass spec-
trometer was performed externally and internally with HCOONa. An AcclaimTMRSLC
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120 C18 (2.2 μm, 2.1 × 100 mm) column (Thermo Scientific, MA, USA) protected by an
AcclaimTM120 C18 guard cartridge (5 μm, 3.0 × 10 mm) from Thermo Scientific was used
as analytical column and the mobile phase was a mixture of UPW with 0.01% formic acid
(A) and acetonitrile (B) with a flow rate of 0.15 mL min−1. Gradient elution was performed
as follows: % ratio 90/10 (0 min), 10/90 (15 min), 90/10 (17 min) and 90/10 (18 min). The
injection volume was 10 μL.

4. Conclusions and Future Work

To summarize, this work demonstrates that even relatively low amounts of copper
phosphides (up to 4.00% wt.) on banana peel biochar can significantly accelerate the de-
struction of the micropollutant bisphenol S in different water matrices in the presence of
persulfates. Although the presence of 250 mg/L of chlorides did not affect BPS removal, the
presence of 250 mg/L of bicarbonates and 10 mg/L of humic acid showed a low to moder-
ate reduction in the conversion rate. However, the efficiency was significantly hindered in
experiments performed in real matrices, such as BW and WW, highlighting the need for
more representative investigations of catalytic activity under conditions that reflect real en-
vironmental challenges. According to the scavenging experiments, BPS destruction occurs
through both radical and non-radical mechanisms. The use of UHPLC/TOF-MS identified
four transformation products, two of which had higher molecular weights than the parent
compound, suggesting polymerization and indicating the need for further research into
the effect of operating parameters on the degradation pathway and the resulting toxicity.
This would provide a more comprehensive assessment of the process. Future research
should also focus on examining the stability and reusability of the synthesized catalytic
materials, as well as comparing the activity of different combinations of biomass sources
with metal phosphides.
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Cu3P/BPB; Figure S2. (A) BPS adsorption at inherent pH = 5.2 by 250 mg/L BPB and 250 mg/L
# % wt. Cu3P/BPB in UPW and inherent pH. (B) Effect of pH on 0.5 mg/L BPS adsorption using
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Abstract: Sulfamethoxazole (SMX) is an antibiotic that is extensively used in veterinary medicine, and
its occurrence in wastewater and surface water can reach up to 20 μg/L. SMX is categorized as a
pollutant of emerging concern by the US EPA due to its persistence and effects on humans and the
environment. In this study, photo-Fenton technology is proposed for the removal of SMX. Aqueous
solutions of SMX (50.0 mg/L) are treated in a 150 W UV photoreactor, using [Fe2+]0 = 0.5 mg/L and
varying [H2O2]0 = 0–3.0 mM. During the reaction, colour (AU) was assessed along with SMX (mg/L),
turbidity (NTU), and TC (mg/L). SMX degrades to aromatic intermediates with chromophoric groups,
exhibiting colour (yellow to brown) and turbidity. As these intermediates are mineralized into CO2 and
H2O, the colour and turbidity of the water lose intensity. Using a molar ratio of 1 mol SMX:10 mol H2O2,
the maximum degradation of aromatic species takes place (71% elimination), and colourless water with
turbidity < 1 NTU is obtained. A kinetic modelling for aromaticity loss and colour formation as a function
of the oxidant concentration has been proposed. The application of this model allows the estimation of
oxidant amounts for an efficient removal of SMX under environmentally friendly conditions.

Keywords: aromaticity; colour; photo-Fenton; sulfamethoxazole

1. Introduction

Antibiotic residues have been a source of concern in recent years due to the environ-
mental pollution they generate. Antibiotics, even at low concentrations, form a part of the
group of emerging pollutants that cause detrimental effects on aquatic organisms [1,2] due
to their toxic, carcinogenic, and mutagenic nature [3]. The overuse of antibiotics has caused
increasing concern for public health and the balance of natural aquatic ecosystems [4,5].
This is because antibiotics are only partially absorbed by the human body and animals and
are excreted into water and the environment through urine and faeces [6].

Recent research has found a global antibiotic consumption rate of 14.3 defined daily
doses (DDDs) per 1000 people per day in 2018. Considering that this rate was 9.8 DDDs
per 1000 people per day in 2000, this represents an increase of 46% [7,8]. In addition, it
should be noted that, during the COVID-19 pandemic, global antibiotic use has seen a sharp
spike [9]. Therefore, global antibiotic consumption is on the rise, with a 67% increase in
antibiotic consumption predicted by 2030 [10]. Among the most commonly used antibiotics
are sulfamethoxazole, tetracycline, ciprofloxacin, and trimethoprim, which are found in
surface water and groundwater in varying concentrations. Some of their most notable
characteristics are that they are toxic, poorly or non-biodegradable, and, consequently,
persistent [11–13].
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Specifically, sulfamethoxazole (SMX) is a common sulphonamide antibiotic that has
been widely used for the treatment of bronchitis and other infections [14,15]. About 90%
of this drug is excreted in the urine within 24 h of oral administration, which increases its
toxicity in environmental matrices [16]. It is important to note that, although SMX concen-
trations in the environment are below those that can cause a toxic effect on humans [17],
its accumulation in fish and birds can lead, even at trace levels, to the development of
antibiotic resistance [16]. This would have negative consequences for humans and rep-
resent a serious threat to the ecosystems [18–21]. The use of SMX is so widespread that
it has been detected in the outflow of wastewater treatment plants (WWTPs) [12]. The
biological processes that are commonly used in wastewater treatment plants do not achieve
an efficient removal of this type of contaminant [18,22], which is related to its recalcitrant
characteristics. Therefore, there is a need to develop new technologies for the degradation
of antibiotic residues in the aquatic environment that guarantee safe water [23]. In this
context, advanced oxidation processes (AOPs) represent an efficient and environmentally
compatible alternative to eliminate this persistent pollutant.

Advanced oxidation processes (AOPs) are based on the oxidation of organic pollutants
by hydroxyl radicals (HO•), which react rapidly and indiscriminately with various organic
compounds. In this case, their main objective is to mineralize SMX into carbon dioxide
and water or to transform it into by-products that are less harmful to human health and
the aquatic environment. The oxidation capacity of these processes usually increases in
the presence of catalysts, leading to higher levels of mineralization [24]. In this context, a
typical AOP with the presence of a catalyst for SMX removal is the photo-Fenton process.
This process is a variant of the Fenton process, which combines the reaction of hydrogen
peroxide and Fe2+ under UV irradiation, achieving a more complete degradation of SMX
compared to conventional treatments [25–28].

Various AOPs have been developed and applied for wastewater treatment, but the
Fenton and photo-Fenton processes stand out as the most powerful, efficient, and cost-
effective options. These methods are particularly effective in treating persistent pollutants,
whether used alone or in combination with conventional or biological treatments [29]. The
photo-Fenton process offers several key advantages over the conventional Fenton method.
By utilizing light energy, it generates more hydroxyl radicals, leading to faster and more
efficient pollutant degradation. It also enhances the regeneration of ferrous iron, reducing
the need for additional chemicals like hydrogen peroxide and iron. Unlike the traditional
Fenton process, which works best in acidic conditions, the photo-Fenton process can operate
effectively at a wider pH range, including near-neutral conditions, making it more versatile
and environmentally friendly. Based on this, studies reported in the literature show that the
photo-Fenton process is an effective treatment both in the degradation of micropollutants
and in bacterial inactivation [30], verifying that in the case of the elimination of SMX, both
the degradation performance and the speed at which it is eliminated are much greater
using the photo-Fenton technology than using the conventional Fenton process [31].

Several authors have proposed kinetic models to describe the degradation of antibi-
otics by the photo-Fenton process, with the aim of optimising the design and operation of
this technology. These models include studies on kinetic constants and the influence of key
operational parameters such as pH, hydrogen peroxide concentration, iron concentration,
and irradiation time on contaminant degradation [32,33]. Such models are essential for
predicting process behaviour under different conditions and maximising pollutant removal
efficiency. However, in addition to the removal of SMX, it is important to study the dif-
ferent mechanisms of the reaction that takes place, taking into account the intermediates
that are generated throughout the process before complete mineralisation [34–36]. These
intermediates can contribute to the colour and turbidity of the treated water, as it has been
detected in the treatment of other types of medicines [37–40].

This study aims to complement previous studies on the degradation of SMX with
UV light combined with hydrogen peroxide and iron salts. Specifically, the effect of this
technology on the organoleptic parameters of water quality, such as colour and turbidity,
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will be analysed to ensure that the treated water complies with environmental regulations.
In addition, based on the results obtained and the SMX degradation mechanisms published
in the literature, the theoretical pathways of SMX degradation leading to the formation of
intermediate products responsible for the high turbidity and colouration that arise during
the process are studied.

2. Results and Discussion

2.1. Parameters Indicating the Water Quality during the SMX Oxidation

Figure 1 shows the kinetics of several of the parameters that indicate water quality
when aqueous solutions of SMX are oxidized using the photo-Fenton technology. Figure 1a
shows that the photo-Fenton treatment is capable of completely degrading the SMX load
present in the water in less than 15 min. As can be observed in the graph, the water’s
aromaticity experiences a slight initial increase during the first 5 min of the reaction, fol-
lowed by a decrease over time until reaching a stable value that persists in the treated
water. This is because, in the early stages of the photo-Fenton reaction, hydroxyl radicals
attack the aromatic ring of SMX, generating partially oxidized intermediates. In these
early stages, the hydroxylation of SMX occurs mainly at the benzene ring and the amino
group, producing several oxidized mono- and dihydroxylated intermediates, such as 3-
hydroxysulfamethoxazole, 5-hydroxysulfamethoxazole, and the oxidized derivatives of
isoxazole [35,41]. These intermediate by-products may have greater aromaticity or even
temporarily form more aromatic structures. This increase occurs because, by breaking cer-
tain non-aromatic bonds of the compound, intermediate structures with more pronounced
or additional aromatic rings are formed.
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Figure 1. Parameters indicating the water quality during the SMX oxidation by the photo-Fenton
technology: (a) SMX concentration (mg/L), aromaticity (AU), and total carbon (mg/L) and (b) colour
(AU) and turbidity (NTU). Experimental conditions: [SMX]0 = 50.0 mg/L; [UV] = 150 W; [H2O2]0 =
3.0 mM; [Fe2+]0 = 0.5 mg/L; [pH] = 3.0; and [T] = 30 ◦C.

As the photo-Fenton reaction progresses, hydroxyl radicals continue to attack these
aromatic intermediates, leading to the opening of the benzene rings or the complete
oxidation of aromatic compounds into simpler products such as organic acids, CO2, and
water. This explains the subsequent decrease in aromaticity, as the aromatic structures
are being destroyed. However, in some cases, certain resistant aromatic by-products may
form during the process and are not easily degraded by hydroxyl radicals. The presence of
certain substituent groups on aromatic molecules such as nitro, sulfonate, or carboxylate
groups can affect the reactivity of hydroxyl radicals because they may induce inductive
or resonance effects that further stabilize the aromatic structure, making radical attack
less likely. These groups can also increase the electron density at certain positions on
the ring, protecting the compound from oxidative attack [42]. Furthermore, during the
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oxidation process, oxidized intermediates are generated that have a very stable structure,
such as quinones or aromatic acids that can be especially resistant [38]. These refractory
residues are more complex, oxidized, and stable molecules that do not easily react under
the conditions of the photo-Fenton treatment. This may be due to the inability of hydroxyl
radicals to break certain highly condensed or resistant aromatic structures.

Figure 2a shows the residual aromaticity value of water samples oxidized using
different concentrations of hydrogen peroxide. As the concentration of the oxidant used in
the treatment increases, the degradation level of aromatic species increases, as indicated
by the relationship shown in Equation (1). As confirmed, the maximum degradation of
aromatic species (71% removal) is achieved by dosing an oxidant concentration of 2.0 mM,
corresponding to a molar ratio of 1 mol SMX:10 mol H2O2.

[Aromaticity]final = − 0.0114 [H 2O2]
3
0+0.169 [H 2O2]

2
0 − 0.6344 [H 2O2

]
0
+0.7407 (1)

[TC]final= 1.23 [H 2O2]
2
0 − 8.9597 [H 2O2

]
0
+24.586 (2)
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Figure 2. Water quality parameters analysed in SMX aqueous solutions oxidized by the photo-Fenton
technology at the steady state: (a) aromaticity (AU) and (b) total carbon (mg/L). Experimental
conditions: [SMX]0 = 50.0 mg/L; [UV] = 150 W; [Fe2+]0 = 0.5 mg/L; [pH] = 3.0; and [T] = 30 ◦C.

On the other hand, when analysing the mineralization of the treated water, Figure 1a
shows that the concentration of total carbon (TC, mg/L) decreases as SMX degradation
progresses. Figure 2b illustrates the dependence of total carbon in the water on the con-
centration of the oxidant used in the treatment (Equation (2)). This occurs because, when
SMX is attacked by hydroxyl radicals, its C-C and C-H bonds are broken, fragmenting
the molecule into simpler compounds such as organic acids, aldehydes, alcohols, and
other intermediate species. During the advanced oxidation process, the intermediate prod-
ucts generated (fragments of the initial molecule) continue to be attacked by hydroxyl
radicals. If the process is sufficiently efficient, these intermediates are further degraded,
eventually transforming into CO2, H2O, and inorganic salts (mineralization). The conver-
sion of organic carbon into carbon dioxide contributes to the reduction in total carbon in
the solution.

As the photo-Fenton process progresses, more carbon from the initial organic molecules
and their intermediate products is oxidized into CO2, which is released into the atmosphere
as a gas. This phenomenon leads to a continuous decrease in total carbon concentration
in the aqueous phase. UV light regenerates the Fe2+ ion from Fe3+ and promotes the
continuous production of hydroxyl radicals, which sustains the degradation of organic
compounds, thereby accelerating the reduction in total carbon.

A notable phenomenon within this reaction system is that, during the oxidation of
SMX, brown colour and high turbidity are generated in the water (see Figure 1b). As
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observed, both the colour and turbidity in the water increase immediately after the reaction
begins, reaching a maximum intensity around 15–20 min into the reaction. Subsequently,
they decrease over time until reaching a stable value that remains once the steady state
is achieved (see Figure 3a,b). It is confirmed that both parameters are dependent on the
concentration of the oxidant used in the treatment, as shown in Equations (3) and (4).
Operating with an oxidant concentration of 2.0 mM, which corresponds to a molar ratio
of 1 mol SMX:10 mol H2O2, results in colourless water with turbidity < 1 NTU, making it
suitable for discharge into natural watercourses.

[Turbidity]final = − 0.2027 [H 2O2]
3
0 +2.2859 [H 2O2]

2
0 − 7.5725 [H 2O2

]
0
+8.0725 (3)

[Colour]final= 0.90× exp ( − 1.557 [H 2O2]0) (4)
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Figure 3. Water quality parameters analysed in SMX aqueous solutions oxidized by the photo-Fenton
technology at the steady state: (a) turbidity (NTU) and (b) colour (AU). Experimental conditions:
[SMX]0 = 50.0 mg/L; [UV] = 150 W; [Fe2+]0 = 0.5 mg/L; [pH] = 3.0; and [T] = 30 ◦C.

During the oxidation process, hydroxyl radicals attack the benzene ring (aromatic
structure) of SMX, leading to the formation of oxidized aromatic derivatives, such as
quinones or polycyclic compounds, which have chromophoric properties. These com-
pounds absorb visible light, resulting in the appearance of colour in the solution. Sometimes,
instead of fully decomposing, fragments of organic molecules can react with each other to
form larger and more complex compounds, such as condensation products, which may also
contain chromophoric groups. These larger intermediate products tend to be more coloured
and can temporarily accumulate during SMX degradation. Another group of intermediates
that may appear during degradation includes aldehydes and unsaturated organic acids.
Some of these compounds may contain conjugated double bonds, which can also contribute
to the appearance of colour in the solution. Additionally, SMX contains a heterocyclic ring
(a structure that includes sulphur and nitrogen). Oxidation of this type of ring can generate
intermediate products with complex structures that also possess chromophoric proper-
ties. As these intermediates are mineralized into CO2 and H2O, the colour of the water
gradually decreases.

The turbidity generated during SMX oxidation is primarily due to the precipitation of
iron hydroxides and the formation of colloidal particles and insoluble organic intermediate
products that remain suspended in the water. Turbidity decreases at the end of the process,
when the intermediates are fully degraded and the iron precipitates are either removed
or dissolved. During the process, Fe2+ is oxidized to Fe3+, which can form precipitates
of iron hydroxides (Fe(OH)3). These hydroxides are solid particles that contribute to
turbidity by remaining suspended as colloidal particles in the water. Furthermore, as
SMX degrades, intermediates with low water solubility, such as organic acids, aldehydes,
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or polymeric compounds, are formed. These products can aggregate and form colloidal
particles, increasing the turbidity of the solution. In some cases, intermediates can react
with each other or with inorganic species present in the water, forming larger aggregates or
structures that contribute to the formation of suspended particles. Additionally, products
of incomplete oxidation, which have not yet been fully mineralized, can form larger or
more complex substances that are less soluble in water, increasing turbidity until they are
fully degraded [39].

2.2. Kinetic Modelling of the Parameters Indicating the Water Quality
2.2.1. Kinetic Modelling of Pseudo-First Order for SMX Oxidation

A pseudo-first-order kinetic model has been proposed to predict the degradation
kinetics of SMX, where SMX degrades to reaction intermediates according to a kinetic
constant kSMX (1/min) (see Equation (5)).

SMX
kSMX→ Reaction intermediates (5)

By setting up the mass balance (Equation (6)) and integrating, the first-order kinetic
equation for SMX degradation is obtained (Equation (7)), where [SMX]0 is the initial
concentration of SMX in the water (=50.0 mg/L), and t is the reaction time (min).

d[SMX] / dt =− kSMX [SMX] (6)

[SMX]= [SMX]0 × exp (− kSMX t) (7)

Figure 4 shows the model predictions, which allow for determining the dependence of
the SMX degradation rate constant on the concentration of the oxidant used in the treatment
[H2O2]0 in mM (Equation (8)). Table 1 presents the estimated values of the rate constants.

kSMX = − 0.0627 [H 2O2]
2
0 +0.2325 [H2O2]+0.1553 (r 2 = 0.9777) (8)
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Figure 4. Predictions of the proposed first-order kinetic model for the oxidation of SMX by a photo-
Fenton treatment. Experimental conditions: [SMX]0 = 50.0 mg/L; [UV] = 150 W; [Fe2+]0 = 0.5 mg/L;
[pH] = 3.0; and [T] = 30 ◦C.
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Table 1. Kinetic parameters estimated for the SMX oxidation by the photo-Fenton technology.
Experimental conditions: [SMX]0 = 50.0 mg/L; [UV] = 150 W; [Fe2+]0 = 0.5 mg/L; [pH] = 3.0;
and [T] = 30 ◦C.

[H2O2]0

(mM)
kSMX

(1/min)
karom

(1/min)
kcolour,form

(1/min)
kcolour,deg

(1/min)
αcolour

(-)

0.00 0.15 7.0 × 10−2 1.9 × 10−4 2.9 × 10−2 2.00
0.20 0.20 6.3 × 10−2 3.7 × 10−4 3.0 × 10−2 1.83
0.25 0.22 6.5 × 10−2 3.4 × 10−4 3.0 × 10−2 1.80
0.35 0.22 6.0 × 10−2 3.6 × 10−4 3.5 × 10−2 1.77
0.50 0.25 5.5 × 10−2 4.8 × 10−4 3.5 × 10−2 1.62
1.00 0.35 4.7 × 10−2 8.0 × 10−4 4.0 × 10−2 1.25
1.50 0.35 4.0 × 10−2 9.9 × 10−4 4.6 × 10−2 1.11
2.00 0.36 4.5 × 10−2 1.0 × 10−3 5.5 × 10−2 1.00
2.50 0.35 4.4 × 10−2 9.6 × 10−4 5.8 × 10−2 1.00
3.00 0.29 5.0 × 10−2 9.0 × 10−4 5.8 × 10−2 1.03

2.2.2. Kinetic Modelling for Aromaticity Loss

A pseudo-first-order model has been proposed to predict the kinetics of aromaticity
loss in aqueous SMX solutions oxidized by a photo-Fenton treatment. It is important to note
that, to simplify the model, the initial increase in aromaticity observed in the water during
the first 5 min of the reaction has been neglected, considering only the phase corresponding
to the loss of aromaticity. Based on this approach, a mass balance has been proposed,
where the initial aromaticity of the water containing 50.0 mg/L of SMX decreases as the
aromatic functional groups are broken down by the action of hydroxyl radicals, according
to a pseudo-first-order rate constant karom (1/min) (see Equation (9)).

SMX
karom→ non-aromatic intermediates (9)

The mass balance proposed in Equation (10), corresponding to the decrease in aro-
maticity following first-order kinetics, has been corrected with the term [Aromaticity]final
(AU) (estimated in Equation (1)). This adjustment is necessary because, given the char-
acteristics of the oxidation treatment, the dosed hydrogen peroxide is consumed without
fully eliminating the aromatic load. As a result, a refractory aromatic residue remains in
the treated water, and its value must be accounted for in the mass balance to improve the
accuracy of the model prediction.

d[Aromaticity] / dt =− karom ([Aromaticity]− [Aromaticity]final ) (10)

By integrating the mass balance, the kinetic equation for the loss of aromaticity in
aqueous SMX solutions oxidized by a photo-Fenton treatment is obtained (Equation (11)).
A mean value for the initial aromaticity of water containing 50.0 mg/L of SMX can be
considered as [Aromaticity]o = 1.958 AU.

[Aromaticity]= ([Aromaticity] 0 − [Aromaticity]0) × exp (− karom t) + [Aromaticity]final (11)

Figure 5 shows the predictions of the proposed model. Based on the experiments
conducted, the rate constant for the loss of aromaticity in the water has been estimated as a
function of the initial oxidant concentration dosed in the treatment (Equation (12)). Table 1
presents the estimated values of the rate constants.

karom = − 0.0079 [H 2O2]
2
0 − 0.0301 [H2O2]0+0.0696 (r 2= 0.9679) (12)
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Figure 5. Predictions of the proposed kinetic model for the aromaticity changes during the SMX
oxidation by a photo-Fenton treatment. Experimental conditions: [SMX]0 = 50.0 mg/L; [UV] = 150 W;
[Fe2+]0 = 0.5 mg/L; [pH] = 3.0; and [T] = 30 ◦C.

2.2.3. Kinetic Modelling for Colour Changes

A series reaction kinetic model has been proposed for the colour changes observed in
oxidized water, where SMX is oxidized to coloured intermediates according to a pseudo-
first-order kinetic constant kcolour,form (1/min). Next, the intermediates of coloured nature
degrade to colourless species according to a pseudo-first-order kinetic constant kcolour,deg
(1/min) (Equation (13)).

SMX k colour, form→ Coloured intermediates
k colour,deg→ Colourless species (13)

Equation (14) shows the proposed mass balance, considering that the colour of the
water would maintain a behaviour similar to a reaction intermediate. Since the mass balance
uses concentration units for SMX concentration and absorbance units for colour, the term
αcolour (AU L/mg) has been introduced to homogenize units. Furthermore, because in
several tests the oxidant used in the treatment is consumed without completely degrading
into coloured species, leaving a refractory-coloured residue in the treated water, a correction
has been made in the mass balance, introducing the term [Colour]final (AU) estimated in
Equation (4).

d[Colour] / dt = kcolour,form × αcolour × [SMX]− kcolour,deg × ( [Colour]− [Colour]final ) (14)

Integrating the mass balance, the kinetic equation for the colour changes in the aque-
ous solutions containing SMX oxidized with the photo-to-Fenton technology is obtained
(Equation (15)).

[Colour]= [Colour]final +

[
kcolour,form[SMX]0
kcolour,deg − kSMX

]
×

[
αcolour × exp (−k SMX t) − exp (−k colour,deg t)

]
(15)

kcolour,form = − 0.0002 [H 2O2]
2
0 +0.0008 [H2O2]0+0.0001 (r 2= 0.9889) (16)

kcolour,deg = − 0.0017 [H 2O2]
2
0 +0.0154 [H2O2]0+0.028 (r 2 = 0.9744) (17)

αcolour= λ455/λ260= 0.2098 [H2O2]
2
0 − 0.9689 [H2O2]0+2.0639

(
r2 = 0.9932

)
(18)

The predictions of the proposed model are shown in Figure 6. From the tests carried
out, the kinetic constants for the formation and degradation of the colour of the water
have been estimated, as well as the correlation parameter of units, depending on the
concentration of oxidant used in the treatment (see Equations (16)–(18)). The estimated
parameter values are shown in Table 1.
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Figure 6. Predictions of the proposed kinetic model for the colour changes during the SMX oxidation
by a photo-Fenton treatment. Experimental conditions: [SMX]0 = 50.0 mg/L; [UV] = 150 W; [Fe2+]0 =
0.5 mg/L; [pH] = 3.0; and [T] = 30 ◦C.

3. Materials and Methods

The oxidation assays by a photo-Fenton treatment were conducted in a photo-catalytic
reactor of 1.0 L oxidizing aqueous solutions of sulphamethoxazole [SMX]0 = 50.0 mg·L−1

(Fragon, Rotterdam, The Netherlands, C10H11N3O3S 100.6%) by a 150 W medium-pressure
mercury lamp (Heraeus, Hanau, Germany, 85.8 V, 148.8 W, 1.79 A, 95% transmission
between 300 and 570 nm) combined with hydrogen peroxide [H2O2]0 = 0–3.0 mM (Panreac,
Castellar del Vallès, Spain, H2O2 30% w/v) and ferrous ion dosage [Fe2+]0 = 5.0 mg L−1

(Panreac, FeSO4·7H2O 99.0%). The reactor, operating in batch mode, was stirred using a
magnetic stirrer. All reactions were performed at pH = 3.0 (using a pH-meter Kent EIL9142,
Cambridge, UK) and the temperature was kept at around 30 ◦C using a heating bath
(Frigiterm-P Selecta, Barcelona, Spain).

During 120 min of reaction, the parameters that were measured are as follows: the
aromaticity of the water at λ = 254 nm ([Aromaticity], AU) and colour at λ = 455 nm
([Colour], AU) using a UV/Vis Spectrophotometer (Model V-630, Jasco, Madrid, Spain) [39];
the water turbidity ([Turbidity], NTU) with a nephelometric turbidimeter (Model HI88703,
Hanna Instruments S.L., Eibar, Spain); the dissolved oxygen ([DO], mg/L) with a dissolved
oxygen-meter (Model HI 9142, Hanna Instruments S.L., Eibar, Spain), and the total carbon
([TC], mg/L) using a TOC meter (Shimadzu TOC-V, Shimadzu Corporation, Kyoto, Japan).

The SMX concentration was determined by High-Performance Liquid Chromatogra-
phy (Model 2695, Waters Cromatografía S.A., Cerdanyola del Vallès, Spain) with a Dual
λ Absorbance Detector (Model 2487, Waters Cromatografía S.A., Cerdanyola del Vallès,
Spain). A ZORBAX Eclipse PAH column (150 mm, 4.6 mm, particle size 5 μm) and a
ZORBAX Eclipse PAH guard column (4.6 mm, 12.5 mm) supplied by Agilent (Santa Clara,
CA, USA) were used. The mobile phase consisted of water and acetonitrile (ACN), with a
flow rate of 0.8 mL/min. Initial gradient conditions were set at 20% ACN, maintained for
1 min, then increased to 50% v/v ACN over 7 min, and finally returned to 20% v/v ACN in
1 min. Total run time was 9 min. The injection volume was 50 μL, and all separations were
performed at room temperature. DCF identification was performed by comparison with a
standard. Detection was carried out at 275 nm.

4. Conclusions

The photo-Fenton treatment is capable of completely degrading the SMX load con-
tained in the water. During oxidation, the aromaticity of water experiences a slight initial
increase because partially oxidized intermediates are generated that contain greater aro-
maticity or that can even generate more aromatic structures. In addition, it is observed
that a brown colour is being generated in the water. The colour is caused by some of
the aromatic intermediates, such as quinones or polycyclic compounds, which are chro-
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mophoric in nature. It can also be caused by fragments of organic molecules reacting
with each other forming condensation products. On the other hand, it must be considered
that SMX contains a heterocyclic ring (containing sulphur and nitrogen) that can generate
intermediate products with chromophoric properties. Simultaneously with the colour,
turbidity is also generated in the water, which can be caused by the precipitation of iron
hydroxides and the formation of colloidal particles and insoluble organic intermediates,
which remain suspended in the water. As the photo-Fenton reaction proceeds, hydroxyl
radicals continue to attack the aromatic intermediates, causing the opening of the benzene
rings or the complete oxidation of the aromatic compounds to simpler products. As these
intermediates are mineralized into CO2 and H2O, the colour and turbidity of the water lose
intensity. It is verified that, using a molar ratio of 1 mol SMX:10 mol H2O2, the maximum
degradation of aromatic species takes place (71% elimination), and colourless water with
turbidity < 1 NTU is obtained, which enables them to be discharged into natural channels.
A kinetic modelling of colour formation as a function of the oxidant concentration has
been proposed, following a series reaction model. The application of this model allows
the estimation of oxidant amounts for an efficient removal of SMX under environmentally
friendly conditions.
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Abstract: With the development of coal chemical technology, a large amount of gasification slag
and wastewater are produced through coal gasification. Efficient gasification slag utilization and
wastewater treatment have attracted much attention. In this study, gasification slag was modified and
used as a low-cost and efficient catalyst to activate persulfate for acetaminophen degradation. Via the
analysis of high-resolution X-ray photoelectron spectroscopy, the surfaces of nitric acid and calcined
modified gasification slag retained a considerable number of carbonyl and graphite N functional
groups. These proved to be effective active sites for the activation of persulfate. X-ray diffraction
analysis revealed that the gasification slag was composed of carbon and SiO2. The evaluation of
catalytic activity and application of density functional theory proved that the interaction between
carbonyl and graphitic nitrogen significantly affected the catalyst activity. When the ratio of graphitic
nitrogen to carbonyl was 1:3, the adsorption and activation of persulfate were significantly enhanced.
The results of the quenching experiments also confirmed that the non-free radical pathway is the
main pathway to activate persulfate using the gasification slag. This study provides a new approach
to industrial waste utilization in wastewater treatment.

Keywords: persulfate; gasification slag; nonradical oxidation; acetaminophen

1. Introduction

It is well known that acetaminophen (APAP) is a pharmaceutical compound used
extensively as an analgesic and antipyretic drug and is one of the most commonly detected
pharmaceutical compounds in aquatic environments [1,2]. APAP is also an emerging
environmental endocrine disruptor that is likely to pose a threat to the environment and
human health [3,4]. APAP is difficult to remove using traditional bio-treatment processes
due to its stable chemical structure [5,6].

Persulfate-based advanced oxidation technology (PS-AOP) has been widely consid-
ered an effective method for pharmaceutical wastewater treatment because of its high
oxidation potential, wide pH range, and long half-life of sulfate radicals [7,8]. Several
approaches, such as catalysts (transition metal ions, metal oxides, and carbon), ultraviolet
(UV), and ultrasonic (US) methods, have been proposed to activate persulfate for the forma-
tion of oxidative active species [9]. Carbon catalysts are effective for persulfate activation
with no secondary metal leaching and have been widely investigated [10].

Carbonyl and graphitic N functional groups are the key sites to activate persulfate
for the treatment of tetracycline (TC), and 90% degradation is achieved in 20 min at
25 ◦C [11,12]. However, the high cost and radical interference caused by water impurities
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have hindered the application of PS-AOPs with carbon catalysts. To conquer these limi-
tations, a cheap carbon catalyst was prepared with urea as the raw material and used to
activate persulfate for cost reduction [13]. Nitrogen doping can also regulate the persulfate
activation path to obtain nonradical active species with an anti-interference property [14].
Xu et al. [15] proposed a 3D N-doped porous carbon to activate peroxymonosulfate via
a nonradical pathway to oxidize chlorophenols from wastewater. However, carbon cata-
lysts with large specific surface areas and high activities are still expensive [16], and the
regulation mechanism of the PS activation path is still unclear.

Coal gasification slag (CGS) is a mixture of residual carbon produced by the coal
gasification process [17], with a high carbon and nitrogen content, well-developed porous
structure, low price, and wide application [18–20]. It has been proven that modified
CGS is an effective and inexpensive catalyst for pollutant removal [21,22]. Liu et al. [23]
prepared a microsphere material for the adsorption of Pb (II) and Congo red by combining
fine CGS with silica. Fe-doped CGS has been successfully used to activate PMS for the
removal of sulfamethoxazole [22]. As a metal-free and high-efficiency carbon catalyst, the
performance of persulfate activation via CGS for pharmaceutical wastewater degradation
has not been evaluated.

As CGS has a variety of nitrogen-containing functional groups and the proportion
of nitrogen–oxygen functional groups in CGS is not low, the mechanism of the nitrogen–
oxygen functional groups in CGS is still unclear. Thus, the effect of nitrogen and oxygen
functional groups on the activation mechanism needs to be further studied to treat com-
plex wastewater.

In this study, nitric acid treatment combined with calcination in nitrogen was used to
modify the nitrogen and oxygen functional groups of the CGS. The surface of the active sites
was regulated by calcination, and the mechanism of the catalytic activation of persulfate
was further regulated to clarify the internal relationship between heteroatom doping
and the activation mechanism. The regulatory mechanism of radical oxidation and the
nonradical oxidation pathway via heteroatom doping modification was further clarified.

2. Results and Discussion

2.1. Materials Characterization

Through the XRD patterns of the CGS, CGSO, and CGSO300 (Figure 1), it was found
that the main peaks of the gasification slag were at 26.603◦, 42.464◦, and 47.305◦. These
peaks are ascribed to carbon, indicating that carbon is the main component of gasification
slag. The peaks at 20.859◦, 36.543◦, 38.852◦, and 66.546◦ are ascribed to SiO2; this shows
that the gasification slag comprises some ash, such as SiO2.

The CGS and modified gasification slag (CGSO and CGSO300) were characterized
through BET. It can be seen from Table 1 that the specific surface area and pore volume
of the CGS increased after treatment with nitric acid, which is most probably owing to
the removal of ash to form new pore channels. The increase in the specific surface areas
facilitates the adsorption of pollutants on the CGS. After calcination, some volatile surface
oxygen-containing functional groups were decomposed or reacted with charcoal, resulting
in the collapse of the pore channels, leading to a decline in the specific surface area and
pore volume of CGSO300.

Table 1. BET data of modified CGS.

Samples SBET (m2g−1) Vp (cm3g−1) Pore Size (nm)

CGS 200 0.22 4.3
CGSO 360 0.32 3.6

CGSO300 208 0.21 3.9

As shown in Figure 2a, absorption and desorption experiments were conducted
on CGS, CGSO, and CGSO300. The figure shows that their adsorption type is type IV
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isothermal adsorption, and the pore structure of the catalysts mainly comprises mesoporous
and microporous structures. CGSO300 has a larger micropore proportion, more micropores,
and contributes a more specific surface area, which is more conducive to the reaction. This
is also confirmed by the aperture size distribution curve (Figure 2b). The mesoporous
and microporous structure of the catalyst is conducive to the transport and activation of
persulfate for the degradation of APAP.

Figure 1. XRD patterns of modified gasification slag.

Figure 2. (a) N2 sorption isotherms and (b) pore size distribution of modified CGS.

Raman spectra can show the degree of crystallization of a material, reflecting the
defects as well as the disorder of the material [24]. As seen in Figure 3, the characteristic
D and G bands appear at 1350 cm−1 and 1580 cm−1, respectively. The G band represents
the in-plane tensile vibration of sp2 hybrid carbon, which is ascribed to the graphitic
properties and reveals the structure of sp2-bonded carbon. The D band is a disorder-
induced vibrational mode ascribed to the fundamental structural defects in the amorphous
carbon material. Furthermore, the degree of graphitization and disorder in the carbon
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structure is assessed based on the relative intensity ratio of the D spectral band to the G
spectral band (ID/IG) [25]. It can be seen in Figure 3 that the ID/IG values of CGS, CGSO,
and CGSO300 are 1.13, 1.20, and 1.29, respectively. Among them, CGS has the highest
degree of graphitization, while CGSO300 has the lowest degree of graphitization, which
indicates that the crystal structure of CGSO300 is more disordered. A considerable number
of oxygen-containing functional groups were formed through nitric acid treatment on the
surface of the gasification slag. Further calcination resulted in the decomposition of oxygen-
containing functional groups to form a considerable number of defect sites, increasing
the disordering of the carbon materials. Demiral et al. [26] found that with the nitric acid
modification on activated carbon, the number of carboxyl groups, lactones, and phenyl
groups on the surface of activated carbon significantly increased, which increased the
disorder of the activated carbon. He et al. [27] found that the modification of graphite with
HNO3 can introduce more defect sites and oxygen/nitrogen-containing groups on graphite.
The reason for this is probably the decomposition of the oxygen-containing functional
group providing more active sites. More defect sites are conducive to the adsorption and
activation of PS.

Figure 3. Raman spectrogram of the modified gasification slag.

The modified gasification slags were also characterized using XPS to determine the
surface chemical composition and functional group species. Figure 4 shows the XPS
broad-sweep curve profile of the modified gasification slags, in which the peaks with
binding energies of 284.5 eV, 400.9 eV, and 532.5 eV were ascribed to the elements of
carbon, nitrogen, and oxygen, respectively. The atomic concentration of the elements
in Table 2 is given through XPS analysis. Since the atomic concentration of elements
is obtained using the normalization method, the relative atomic ratio can better reflect
the change in element distribution than atomic concentration. It can be observed from
Table 2 that, after calcination, both the C/N ratio and O/N ratio significantly decreased.
This is because the oxygen-containing surface functional groups formed by nitric acid
treatment (CGSO) contain a considerable number of unstable functional groups such
as carboxyl groups, which are released in the form of CO2 and other products during
calcination, thus reducing the C and O ratio on the surface. However, the nitrogen-
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containing functional groups in CGSO are formed during the formation of gasification slag
at high temperatures (800–1400 ◦C), which has high stability during calcination at 300 ◦C.
So, the relative concentration of the N element increased and the relative concentration of
C and O decreased. The other reason is presumably the oxidation of CGS by nitric acid.
Compared with the CGS, the oxygen content of CGSO and CGSO300 was substantially
enhanced, indicating that a considerable number of oxygen-containing functional groups
were successfully formed on the surface of the carbon material [28–30]. The reduction in
elemental C and O in CGSO300 compared to CGSO is probably due to the decomposition
of the oxygen-containing functional group to CO2, CO, and H2O during the calcination
process, which indirectly leads to the increase in elemental N content in the modified
gasification slag.

Figure 4. XPS wide-scan profile of modified gasification slag.

Table 2. Surface element composition of modified gasification slag.

Samples C (at.%) O (at.%) N (at.%) C/N Ratio O/N Ratio

CGS 82.59 16.27 1.14 72 14
CGSO 71.84 26.71 1.45 49 18

CGSO300 70.15 26.50 3.35 20 7

Figure 5a and Table 3 show the N 1s spectra and the corresponding peak-splitting
results. The N 1s spectra can be fitted by four peaks: the peak at 398.5 eV, 400 eV, 401.5 eV,
and 404.5 eV are ascribed to pyridine N, pyrrole N, graphitic N, and nitrogen oxides,
respectively [31]. On the one hand, the results showed that the proportions of pyridine
N, pyrrole N, and nitrogen oxide increased after the modification of CGS with nitric acid
due to its strong oxidizing properties. On the other hand, the calcination of CGSO leads to
increasing graphitic N owing to the decomposition of pyrrole N and nitrogen oxide.
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As shown in Figure 5b and Table 4, it can be seen that the O 1s spectrum can be
fitted by five peaks: the peak of 531.1 eV is ascribed to C=O in carbonyl and quinone
groups; the peak of 532.2 eV is ascribed to C=O in anhydride and ester groups; the peak of
533.3 eV is ascribed to C–O in phenol, anhydride, and ester groups; the peak of 535.1 eV is
ascribed to oxygen in the form of –COOH; and the peak of 537 eV is ascribed to water in the
adsorbed state and CO2 [32–35]. It is found that the C–O functional group content increases
significantly after modification with nitric acid. The carbonyl group content decreased after
the CGS was modified by nitric acid to form CGSO and increased after heat treatment to
form CGSO300. Carbonyl is a potential active site for PS activation. The loss of carbonyl
may lead to a decrease in the catalytic activity of CGSO.

Figure 5. (a) N 1s and (b) O 1s spectra of modified gasification slag.

Table 3. Nitrogen-containing functional group proportion of modified gasification slag.

Samples Pyridine N (at.%) Pyrrole N (at.%) Graphitic N (at.%) Nitrogen Oxide (at.%)

CGS 0.07 0.01 0.73 0.19
CGSO 0.48 0.47 0.17 0.32

CGSO300 0.49 0.24 1.26 0.08

Table 4. Oxygen functional group content of modified gasification slag.

Samples
C=O

(Carbonyl)
(at.%)

C=O
(Ester, Anhydride)

(at.%)

C–O
(Ester, Anhydride, Phenol)

(at.%)

COOH
(at.%)

CGS 1.3 4.8 6.6 3.0
CGSO 1.1 4.3 16.2 5.1

CGSO300 1.3 2.7 16.4 6.1
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2.2. Catalytic Activity for PS Activation

The catalytic activity was evaluated by examining the efficiency of PS activation for
the degradation of acetaminophen (APAP), as shown in Figure 6. The insert in Figure 6a
shows the adsorption curve of APAP on the modified gasification slag and in the CGS/PS
system. APAP could be completely degraded in 40 min with a kinetic rate constant of 0.086
min−1, indicating that the pristine CGS could also activate PS. After the CGSO, the APAP
was not completely removed within 50 min with the kinetic rate constant of 0.033 min−1.
The reason for this may be the loss of carbonyl, which is an effective site for PS activation.
This also may be because the introduction of a considerable number of acidic oxygen-
containing functional groups is detrimental to the transfer of electrons from the catalyst
to the peroxy-bonds in PS, which greatly inhibits the activation of PS. After calcination
at 300 ◦C, the activation activity of CGSO300 greatly increased with the highest kinetic
rate constant of 0.148 min−1. As the nitrogen content of CGSO300 was increased to 6.1%
with graphitic N as the dominant nitrogen-containing functional group, the positive charge
density of the neighboring oxygen atoms was increased by graphitic N and more readily
interacted with PS to form reactive complexes, which enhanced the oxidation of pollutants
via the electron transfer pathway.

Figure 6. (a) Oxidation and adsorption curves and (b) kinetic rate of APAP with and without
quenching ((APAP) = 50 mgL−1, (CGS) = 0.1 gL−1, (PS) = 2.5 mM, (EtOH/(PS) = 1000).

Ethanol (EtOH) is often used as a trapping agent to quench radicals. Because EtOH
had a high reaction rate with both ·OH (kEthanol/OH = (1.2 − 2.8) × 109 M−1s−1) and SO4

•−
(kEthanol/SO4− = (1.6 − 7.8) × 107 M−1s−1), the reaction rates of CGSO/PS and CGSO300/PS
systems were almost unaffected after ethanol was added. This indicated that there are
few radicals in CGSO/PS and CGSO300/PS systems and that PS was activated through
nonradical pathways. The APAP degradation was inhibited by EtOH in the CGS/PS
system with the decreasing kinetic rate constant of 0.086 min−1 to 0.064 min−1. Based on
Equations (1) and (2), the contributions of nonradical pathways on APAP degradation in
CGS/PS, CGSO/PS, and CGSO300/PS systems were calculated as 74%, 99%, and 100%,
respectively. It can be found that the nonradical pathway was the dominant activation
pathway of PS with modified gasification slag as the catalyst, which benefits the APAP
degradation in high-salt wastewater.

Rnonradical =
knonradical

kAPAP
× 100% (1)

Rradical = 100% − Rnonradical (2)

where kAPAP and knonradical represent the total reaction rate constant of APAP oxidation
degradation and the rate constant of nonradical oxidation reaction (min−1), respectively.
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Rradical and Rnonradical are the ratios of the radical reaction and the nonradical reaction,
respectively.

As is well known, carbonyl and graphitic N are the active sites of carbon materials
for persulfate activation, and the ratio of carbonyl and graphitic N can better reflect the
catalytic performance of the catalyst. As shown in Figure 7, the reaction activity of the
modified gasification slag increased gradually with the increase in the graphitic N and
carbonyl content. The coefficient of determinations of graphitic N and carbonyl groups
with the reaction rate constant are 0.978 and 0.875, respectively (Figure 7). This indicates
that graphitic N and the carbonyl group have an obvious linear relationship with K, and
the linear relationship between graphitic N and K is more obvious. The R2 in Figure 7 is
the coefficient of determination of the linear relationship between graphite N, carbonyl,
and the kinetic rate constant. The higher R2 of graphite N indicates that graphite N has
a more significant linear relationship with the constant kinetic rate. This may reflect that
graphite N has a more significant effect on the catalytic activity. It is indicated that graphitic
N may be the main activated site for modified gasification slag due to its higher coefficient
of determination.

Figure 7. (a) Correlation between the kinetic rate and the graphitic N content and (b) the corre-
lation between the kinetic rate and the carbonyl content ((APAP) = 50 mgL−1, (CGS) = 0.1 gL−1,
(PS) = 2.5 mM).

To reflect the intrinsic activity of the modified gasification slag, the turnover frequency
(TOF) values were calculated using Equation (3). As graphitic N and carbonyl are the
activity sites, the ratio of graphitic N to the carbonyl group was related to TOF (Figure 8).
It can be observed that the ratio of graphitic N to the carbonyl group and TOF has a linear
correlation, with a coefficient of determination of 0.921. This shows that graphitic N and
carbonyl work together in the activation of PS. As the ratio of graphitic N to carbonyl
group increased, the site activity (TOF) increased significantly. This suggests that the
graphitic group has a significant influence on the activity of active sites, and the presence
of the graphitic group near the carbonyl group is favorable to enhancing the activity of the
modified gasification slag.

TOF =
k

(Graphitic N + Carbonyl)× SBET
(3)

where TOF is the APAP turnover frequency (min−1gm−2) normalized by carbonyl and
graphitic N sites, and k represents the apparent rate constant (min−1). Graphitic represents
the atomic ratio of graphitic N. Carbonyl represents the atomic ratio of carbonyl. SBET is
the total specific surface area (m2g−1) obtained by the BET test.
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Figure 8. Relationship between the ratio of graphitic N to the carbonyl group and TOF.

2.3. Tests of Catalyst Reusability

To evaluate the reusability of the catalyst for the sustainable operation of the CGSO300/
PS system, the catalyst was repeated at room temperature. As shown in Figure 9, the
experimental data showed that the catalytic activity of CGSO300 decreased after use. This
may be due to the inactivity of the active site on the surface of CGSO300 by oxidation.
After calcination and regeneration at 300 ◦C (after the Used CGSO300 was placed in a tube
furnace and heated to 300 °C at 5 ◦C per minute under a N2 atmosphere), the activity of
CGSO300 was improved, which may be due to the increased active sites such as graphitic
N. The states of the N elements in CGSO300 were analyzed (Figure 10 and Table 5), which
revealed that the proportion of graphitic N and pyridinic N functional groups on the surface
of the Used CGSO300 decreased significantly after use, which may be due to their oxidation
by persulfate to form electron-deficient nitrogen oxide functional groups. This makes
it difficult for persulfate to continue to activate on its surface, resulting in a significant
decrease in catalytic activity. After regeneration at 300 ◦C, the content of graphitic N
functional groups increased, and the catalytic activity partially increased. However, due to
the difficulty of converting pyrrole functional groups to active graphite N functional groups
at 300 ◦C, the full recovery of activity may require a higher regeneration temperature. The
study found that the content of graphite N decreased and nitrogen oxide increased in
CGSO300 after calcination and recovery.

Table 5. Nitrogen-containing functional group proportion of fresh CGSO300 used CGSO300 and
regenerated CGSO300.

Samples
Pyridine N

(at.%)
Pyrrole N

(at.%)
Graphitic N

(at.%)
Nitrogen Oxide

(at.%)

Fresh CGSO300 0.49 0.24 12.6 0.08
Used CGSO300 0.11 0.25 0.78 1.57

Regenerated
CGSO300 0.17 0.28 0.94 1.93
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Figure 9. Fresh CGSO300, Used CGSO300, and Regenerated CGSO300 oxidative degradation curves
of APAP ((APAP) = 50 mgL−1, (CGSO300) = 0.1 gL−1, (PS) = 2.5 mM).

As shown in Table 6, comparing the data from APAP degradation using different
catalytic PS activation approaches shows that biochar has the best catalytic effect on
activated PS, with the shortest degradation time and the highest degradation rate. The metal
catalyst has a higher preparation cost, longer degradation time, and lower degradation
rate.

Table 6. Comparison between CGSO300 and the previously reported different catalysts that activated
PS to degrade APAP [36–41].

Catalyst Dosage (gL−1) PS (mM) APAP (mgL−1) Removal Rate (%)
Pseudo First-Order Kinetics

(min−1)
References

CGSO300 (0.1) 2.5 50.0 100.0 (25 min) 0.148 This study
Biochar (0.1) 0.5 50.0 100.0 (15 min) \ [36]

Fe, Cu@g-C3N4 (0.01) 1.0 4.0 100.0 (40 min) 0.069 [37]
3DOMFeCo (0.2) 2.0 10.0 100.0 (60 min) \ [38]

CuFe2O4 (0.3) 3.4 100.0 91.0 (60 min) \ [39]
Fe0 (2.0) 2.0 30.0 98.5 (35 min) 0.129 [40]

Fe3O4 (0.8) 0.2 10.0 75.0 (120 min) 0.012 [41]

2.4. Theoretical Calculation

DFT calculation was further used to analyze the interaction of S2O8
2− with different

sites. Figure 11 simulates the adsorption of S2O8
2− on modified gasification slags with

different ratios of graphitic N to the carbonyl group, as well as the derivations of various
functional groups and the distribution of carbonyl groups in the new theoretical model. The
adsorption energy and transfer charge of the different ratios of graphitic N to a carbonyl
group are shown in Table 7. All adsorption energies are negative, which means that the
adsorption of PS is spontaneous. The adsorption energy of PS (Eads) was defined as follows:

Eads = Etotal − Esubs − EPS (4)
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The Etotal, Esubs, and EPS were defined as the energy of catalysts with PS, catalysts,
and free PS, respectively. It was found that the model with a higher ratio of graphitic N to
carbonyl group had the higher adsorption energy for S2O8

2−. A higher adsorption energy
means a stronger interaction between the catalyst and PS. The results of the transfer charge
verified that the electron transfer occurred between PS and the catalyst and that CGS-N3
had the largest transfer charge. The above results further indicate that catalysts with higher
graphitic N and carbonyl are more conducive to PS activation, which is consistent with the
trend of TOF values.

Figure 10. N 1s spectra of Fresh CGSO300, Used CGSO300, and Regenerated CGSO300.
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Figure 11. Structure of S2O8
2− adsorbed on different sites.

Table 7. Adsorption energy and the transferred charge of different N-doped CGSs.

Catalysts Ratio of Graphitic N to Carbonyl Group Adsorption Energy (Ea, eV) Transfer Charge (Q, e)

CGS-N1 1:1 −1.982 −1.330
CGS-N2 2:1 −2.979 −1.027
CGS-N3 3:1 −3.870 −1.638

3. Experimental Procedure

3.1. Materials and Reagents

CGS was provided by Shaanxi Future Energy Chemical Co. (Yulin, China), methanol
was supplied by Tianjin Tianli Chemical Reagent Co. (Tianjin, China), nitric acid (HNO3)
was provided by Tianjin Zhiyuan Chemical Reagent Co., Ltd. (Tianjin, China), and
4-acetaminophen (APAP, 99.0%) and potassium persulfate (K2S2O8, 99.0%) were supplied
by Macklin (Shanghai, China) and Aladdin (Shanghai, China). Ultrapure water was em-
ployed throughout the experiments.

3.2. Preparation of Modified Gasification Slag

During the nitric acid oxidation treatment, CGS was soaked in nitric acid (34%) at
room temperature for 2 h. After filtering and washing to a neutral pH, the samples were
dried in an oven at 80 ◦C to a constant weight, and then placed in a dryer for use, labeled as
CGSO. The CGSO was placed in a quartz tube, calcined in N2 at 300 ◦C for 1 h, and labeled
as CGSO300.

3.3. Catalyst Characterization Methods

A Raman spectrometer (LabRAM HR800, Horiba, NJ, USA) with a 532 nm argon ion
laser was used to detect the molecular structure of the material. The composition and
chemical states of the elements on the surface of the carbon catalysts were determined by
X-ray photoelectron spectroscopy (XPS, AXIS ULTRA DLD, Kratos, Manchester, UK) under
irradiation with Al Kα X-ray (hv = 1486.6 eV). The textural properties of the gasification
slag were determined using nitrogen sorption isotherms at 77 K using a TriStar II 3020. All
samples were degassed at 80 ◦C for 8 h under vacuum before measurement. The specific
surface area of the gasification slag adopted the Brunauer–Emmett–Teller (BET) method.
The Barrett–Joyner–Halenda (BJH) calculation model for microporous carbon was used to
measure the micropore surface area and volume of the samples. The pore volume and pore
size distribution were determined from the volume adsorbed at a relative pressure of 0.99
and by using Density Functional Theory (DFT), respectively.

3.4. Measurement of Catalytic Activity

In this study, CGS, CGSO, and CGSO300 catalysts were used to activate persulfate
for the catalytic degradation of acetaminophen. Firstly, 100 mL of acetaminophen solution
(50 mgL−1) with persulfate (2.5 mM) was continuously shanked in a thermostatic shaker.
Then, 100 mgL−1 of CGS was added to the system. The reaction was initiated by adding
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the catalyst to the solution. Following this, 1 mL of the solution was withdrawn at reg-
ular intervals and filtered through a 0.45 μm aqueous needle filter. The concentration of
acetaminophen was analyzed by high-performance liquid chromatography (UHPLC, Ulti-
Mate3000, Dionex, Waltham, MA, USA) with a diode array detector (DAD) at λ = 280 nm.
The chromatographic column was a SunFire™ C18 (4.6 × 150 mm, 5.0 μm) and the mobile
phase was 30% methanol and 70% ultrapure water with a flow rate of 0.8 mLmin−1. The
column temperature was set as 30 ◦C.

3.5. Theoretical Calculation

Spin polarization density functional theory (DFT) was calculated based on plane
waves using the Vienna ab simulation package [42]. All calculations were performed
using generalized gradient approximation (GGA) with the Perdew–Burke–Ernzerhof (PBE)
exchange-correlation function [43]. The Bader charge analysis method was applied to
calculate charge transfers [44].

4. Conclusions

In this work, modified gasification slag was successfully synthesized for use as an
activator for PS in the APAP degradation process. The catalytic activity of the modified
gasification slag was enhanced by O/N doping combined with calcination. It was found
that GCSO calcinated at 300 ◦C had the highest catalytic activity for PS activation, with
100% APAP removal in 30 min. O/N doping accelerated the electron transfer process,
in which carbonyl and graphitic N were demonstrated to be the main active sites. We
reported that the increase in carbonyl and graphitic N not only enhanced the catalytic
performance towards PS activation but also effectively facilitated the nonradical pathway.
The contributions of nonradical pathways on APAP degradation in the CGS/PS, CGSO/PS,
and CGSO300/PS systems were calculated as 74%, 99%, and 100%, respectively. This
results in the high anti-interference potential of the PS activation system by CGS. It was also
found that a higher ratio of graphitic N to carbonyl group led to the higher catalytic activity
of the modified gasification slag, which was also proven through the DFT calculation of the
adsorption energy for S2O8

2−. This study provided a new feasible way for the degradation
of organic pollutants using modified gasification slag to activate persulfate. Benefiting
from its simple preparation process, modified gasification slag is anticipated to be a novel
and cheap carbon catalyst for wastewater treatment.
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Abstract: This work examines the use of pristine Mo2C as an intriguing sodium persulfate (SPS)
activator for the degradation of the drug losartan (LOS). Using 500 mg/L Mo2C and 250 mg/L SPS,
500 μg/L LOS was degraded in less than 45 min. LOS decomposition was enhanced in acidic pH,
while the apparent kinetic constant decreased with higher LOS concentrations. According to ex-
periments conducted in the presence of scavengers of reactive species, sulfate radicals, hydroxyl
radicals, and singlet oxygen participated in LOS oxidation, with the latter being the predominant
reactive species. The presence of competitors such as bicarbonate and organic matter reduced the
observed efficiency in actual matrices, while, interestingly, the addition of chloride accelerated the
degradation rate. The catalyst showed remarkable stability, with complete LOS removal being
retained after five sequential experiments. The system was examined for simultaneous LOS decom-
position and elimination of Escherichia coli. The presence of E. coli retarded LOS destruction, resulting
in only 30% removal after 3 h, while the system was capable of reducing E. coli concentration by
1.23 log. However, in the presence of simulated solar irradiation, E. coli was reduced by almost
4 log and LOS was completely degraded in 45 min, revealing a significant synergistic effect of the
solar/Mo2C/SPS system.

Keywords: 2D material; peroxydisulfate; pharmaceutical; pathogen; process synergy; solar
irradiation

1. Introduction

Following the “technological revolution”, also known as the second industrial revolu-
tion, aquatic environmental pollution escalated due to numerous compounds, the effects of
which on aquatic ecosystems and humans were unknown. Only in the last half-century,
prompted by the threat of drinking water shortages, did the World Health Organization,
in collaboration with nations worldwide, establish detection limits for many substances
and heavy metals in aquatic environments that are harmful to all organisms [1,2]. How-
ever, industrial, agricultural, and sewage wastewater treatment plants have proven to be
inadequate for certain types of pollutants (e.g., pharmaceuticals, endocrine disruptors, and
pesticides). Many researchers have detected these in surface and groundwater at extremely
low concentrations (ng/L–μg/L) [3]. These micropollutants have been found to be toxic to
many microorganisms and may cause metabolic disorders and various types of cancer [3,4].

Antihypertensive drugs, which are widely prescribed each year, are a significant type
of pharmaceutical [5,6]. In the United States alone, the number of adults with hyperten-
sion was approximately 37 million in 2017 [7,8]. Overconsumption of antihypertensive
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medications has resulted in their detection in surface waters, wastewater effluents, and
environments like wetlands, rivers, and seawaters, as well as in hospital wastewater. Their
concentrations ranged from 0.6 ng/L to 17.7 mg/L [9–16].

Losartan (LOS), an antihypertensive medication, reduces the risk of strokes and heart
attacks [17,18]. It has also been proven to be a beneficial agent in preventing kidney damage
caused by diabetes [17,18]. However, LOS has been found in effluents at concentrations
from 19.7 to 2760 ng/L [17,19], indicating the incomplete degradation of LOS using bio-
logical wastewater treatment [20–22]. Also, Cortez et al. [9] noted the occurrence of LOS
in a Brazilian coastal region with concentrations reaching up to 32 ng/L. Furthermore,
Cortez et al. [9], Ladhari et al. [20], Osorio et al. [21], and Adams et al. [22] revealed that
despite LOS’s numerous benefits for human health, it can be toxic to various organisms,
including humans, fish, crustaceans, algae, Daphnia magna, and Desmodesmus subspicatus.
Its byproducts can be more harmful and persistent than the parent compound (LOS). Thus,
there is a pressing need to develop alternative methods to efficiently degrade antihyperten-
sive drugs in aqueous media.

Over the past fifteen years, numerous attempts have been made to replace tra-
ditional disinfection processes like ozonation [23–25], chlorination [25,26], and UVC
irradiation [25,26] due to the potential carcinogenicity of their byproducts or the increased
cost. As a result, many scientists have turned their focus towards advanced oxidation
processes (AOPs) to find a technology with high efficiency for degrading micropollutants
and eradicating pathogenic microorganisms [27–29].

AOPs include a large set of processes (e.g., photocatalysis, Fenton, electrochemical
oxidation, and persulfate activation), all of which share the common characteristic of pro-
ducing strong reactive species such as hydroxyl radicals (HO•), superoxide radicals, singlet
oxygen, and sulfate radicals (SO•−

4 ) [30]. Technologies based on persulfate activation have
garnered considerable attention from the research community for treating hazardous mi-
cropollutants in aquatic environments. Persulfate can be activated by heat, solar irradiation,
ultrasound, alkaline conditions, and transition metals to form SO•−

4 with a redox potential
(E = 2.5–3.1 V) similar to the redox potential of HO• (E = 1.8–2.7 V) [31]. In addition,
SO•−

4 has advantages over hydroxyl radicals in terms of activity over a large pH range,
lifespan, and selectivity [32–34]. Furthermore, in the past decade, heterogeneous persulfate
activation has gained interest due to the possible reuse of catalytic materials.

Recently, two-dimensional (2D) materials such as graphene [35] and MoS2 [36] have
gained recognition in the field of wastewater treatment. Up until now, 2D materials
have primarily found applications in renewable and sustainable energy production [36,37]
because of their high electrical conductivity, thermal stability, high hardness, and adsorption
capacity. Considering that 2D materials are characterized by high electron mobility, they
are potential persulfate activators. Bekris et al. [35] showed that graphene is an effective
persulfate (SPS) activator for propyl paraben degradation, while Zhou et al. [36] examined
the activation of peroxymonosulfate (PMS) and SPS with MoS2 for the degradation of
carbamazepine. However, an excessive use of MoS2 after persulfate activation may lead to
sulfuric leaching and the formation of H2S, which is toxic [38].

Molybdenum carbide (Mo2C) can be considered an alternative choice for persulfate
activation since Mo is the primary active site in Mo-based materials, and given that Mo2C
has two Mo atoms, there is a high probability of it being more reactive. Additionally, it
does not exhibit the drawbacks associated with the use of MoS2 [39–41].

The exploration of Mo2C as a persulfate activator for micropollutant degradation
has only recently begun. Yang et al. [38] treated Mo2C with 5% Cu to enhance its ability
to activate PMS for tetracycline degradation, while Chen et al. [31] and Bao et al. [42]
synthesized Mo2Ga2C and Mo2C/C respectively, to activate PMS for bisphenol A and car-
bamazepine removal. However, there are no studies that investigate solely the potential of
pristine Mo2C to activate SPS, a less expensive oxidant than PMS, for micropollutant degra-
dation and pathogen disinfection without increasing catalyst preparation costs through
material modification.
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To date, the oxidation of LOS has been explored through various methods, includ-
ing electrochemical oxidation, heat-activated persulfate, acoustic cavitation, UV/H2O2,
UV/Fe2+/H2O2, and photoelectro-Fenton, all of which have shown promising yields, as
can be seen in Table 1. However, these processes require energy (and thus a relatively
high operating cost), necessitating an alternative approach to degrade pharmaceuticals
such as LOS. This alternative could be the use of heterogeneous processes. For instance,
Andrade et al. [43] used N-doped porous carbon to activate PMS and achieved complete
LOS removal after 240 min of reaction time. However, there is no data on LOS degradation
or E. coli inactivation using a Mo2C/SPS process.

Table 1. Degradation of LOS using various AOPs.

Process Conditions LOS Removal Reference

Electrochemical
oxidation

[LOS]o = 377 μM,
[Na2SO4] = 0.05 M,

BDD anode, SS cathode,
J = 80 mA/cm2, pH = 7

100% in 180 min (UPW)

-
[44]

Ultrasound
[LOS]o = 40 μM,

P = 88 W/L, pH = 6.5, 20 ◦C

100% in 120 min (UPW)

100% in 120 min (hospital
wastewater)

[16]

UVC/Fe2+/H2O2

[LOS]o = 40 μM, [Fe2+] = 40 μM,
[H2O2] = 400 μM,
pH = 6.1, 23 ◦C

76% TOC in 120 min (UPW)

30% TOC in 120 min
(groundwater)

[17]

N-doped porous
carbon and PMS

[LOS]o = 40 μM, [catalyst] = 26 mg/L,
[PMS] = 6.5 mM,
pH = 5.2, 25 ◦C

100%
(240 min)

96% in 240 min (20 mg/L humic
acid)

[43]

UVC/H2O2
[LOS]o = 43.4 μM, [H2O2] = 500 μM

pH 6.1

65.7% in 20 min (distilled water)

≈27% in 20 min (fresh urine)
[45]

Photoelectron Fenton

[LOS]o = 45 μM, [Na2SO4] = 0.05 M,
[Fe2+] = 36 μM,

BDD anode, SS cathode,
j = 5 mA/cm2, UVA = 1.4 W/m2, pH = 3

≈95%
(30 min)

-

[46]

Heat/US/SPS
[LOS]o = 1.18 μM,

[SPS] = 200 μM, US = 36 W/L,
20 kHz, 50 ◦C, pH = 5.25

100% in 15 min
(UPW)

60% in 45 min (WW)

[47]

Biochar from spent malt
rootlet treated with acid

and SPS

[LOS]o = 0.59 μM,
[SPS] = 1.05 mM, [Acid-C] = 90 mg/L

pH = 5.6, 25 ◦C

91% in 90 min (UPW)

20% in 90 min (WW)
[48]

Mo2C and SPS
[LOS]o = 1.18 μM,

[SPS] = 1.05 mM, [Mo2C] = 500 mg/L
pH = 5.5, 25 ◦C

100% in 45 min
(UPW)

34% in 45 min (WW)

This study

Furthermore, a promising strategy to enhance treatment performance is the concurrent
use of multiple processes. Although some studies have investigated the use of treated
molybdenum carbide to activate PMS, a combination of these systems with renewable
energy provided by solar irradiation is an intriguing strategy towards enhanced efficiency.
At the same time, most published studies are limited to the examination of the efficiency
over a probe compound, while the use of the proposed hybrid system as a tertiary treatment
(i.e., including disinfection) has not been explored.
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In summary, to the best of the authors’ knowledge, there is no data on losartan degrada-
tion via the Mo2C/SPS process or the synergistic effect of the Mo2C/SPS process combined
with solar irradiation for the simultaneous elimination of losartan and inactivation of
E. coli. Therefore, this study aims at (i) investigating the effects of different oxidants, cata-
lysts, SPS and LOS concentrations, initial solution pH, synthetic and real water matrices
on LOS oxidation and the degradation reaction mechanism using various scavengers, as
well as Mo2C reusability; (ii) testing the ability of the Mo2C/SPS process to eliminate
pathogenic microorganisms; and (iii) examining the synergistic effects of a hybrid process
for simultaneous losartan elimination and E. coli inactivation by coupling Mo2C/SPS with
simulated solar irradiation.

2. Results and Discussion

2.1. Mo2C Characterization

Figure 1 shows the X-ray diffraction pattern of the Mo2C used in the present study.
The typical crystal planes (100), (002), (101), (102), (110), (103), (112), and (201) of Mo2C
(JCPDS No 01-1188) are clearly discernible [49–51]. In addition, its primary crystallite size,
as estimated using the Debye–Scherrer formula, was found to be equal to 35 nm.

Figure 1. XRD pattern of Mo2C.

The zeta potential of Mo2C was measured in ultrapure water at various pH values to
determine its isoelectric point. The calculated pHzpc (pH at zero-point charge) was found
to be equal to 3.7, which is consistent with previous studies [42].

The morphology of Mo2C was studied by means of SEM/EDS, and characteristic
images are shown in Figure 2. It was observed that Mo2C consisted of almost spherical
particles agglomerated with each other homogeneously with an estimated average diameter
of approximately 1.41 μm (Figure 2D). Moreover, it could be stated that particle size
distribution (Figure 2D) was rather broad, including particles from 0.4 to ca. 2.8 μm [52]. In
addition, EDS spectra confirmed the presence of Mo, O and C alone without impurities.
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Figure 2. (A,B) Characteristic SEM images of Mo2C at different magnifications with the corresponding
EDS spectra. (C) Atomic percentage of Mo2C elements. (D) Particle size distribution of Mo2C.

2.2. Catalytic Results
2.2.1. Activation of Various Types of Oxidants

The decomposition of 500 μg/L LOS using 500 mg/L Mo2C to activate sodium meta-
periodate (NaIO4), sodium percarbonate (Na2H3CO6), H2O2, and SPS was examined, and
the results are displayed in Figure 3. The concentration of oxidants used was 1.05 mM.
A complete degradation of LOS was achieved using Mo2C-SPS after 45 min of reaction,
whereas in the cases of Mo2C-NaIO4, Mo2C-H2O2, and Mo2C-Na2H3CO6, only 58%, 39%,
and 17% of LOS removal were achieved after 45 min, respectively. These results clearly
demonstrate the superiority of SPS over NaIO4, H2O2 and Na2H3CO6 when Mo2C is used
as the activator since the decomposition rate, as demonstrated by the computed kapp values,
is 1–2 orders of magnitude greater. Similar results were reported by Bao et al. [42] and
Yang et al. [38]. Bao et al. [42] investigated the degradation of 5 mg/L carbamazepine with
300 mg/L Mo2C/C and 0.75 mM PMS. They found that the Mo2C/C-PMS process could
degrade carbamazepine after 75 min of reaction. Meanwhile, Yang et al. [38] studied the
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degradation of 40 mg/L tetracycline with 300 mg/L 5% Cu-Mo2C and 300 mg/L PMS.
They reported a complete degradation of tetracycline after 20 min of reaction.

Figure 3. Performance of Mo2C in activating various oxidants for 500 μg/L LOS degradation in UPW
and inherent pH ≈ 5.5. Experimental conditions: [Mo2C] = 500 mg/L, [NaIO4] = [Na2H3CO6] =
[H2O2] = [SPS] = 1.05 mM.

Thus, both pure Mo2C and modified Mo2C-based catalysts are capable of activating
SPS and PMS, respectively. However, it should be noted that none of the aforementioned
studies thoroughly examined the ability of pure, unmodified Mo2C to activate SPS, which
is a less expensive oxidant than PMS.

Interestingly, the Mo2C/persulfate system has the capability to generate different reac-
tive species, including sulfate and hydroxyl radicals and singlet oxygen. More researchers
are attributing this high efficiency to the redox potential of the formed radicals [53], as
well as to higher electrostatic adsorption and collision efficiency. Although the activation
of hydrogen peroxide can generate hydroxyl radicals with high redox potential, they are
also characterized by no selectivity and a very short lifetime. Conversely, the percarbon-
ate system also produces carbonate radicals with higher selectivity but reduced redox
potential [53]. Meanwhile, NaIO4 has a redox potential of 1.60 V. However, oxidation
reactions initiated by this ion are known to be selective and significantly slower than those
involving hydroxyl and sulfate radicals [54]. Therefore, in this study, Mo2C was chosen as
the activator and SPS as the oxidant for the degradation of LOS for further study.

2.2.2. Effect of Operating Parameters (Initial Concentration of Catalyst, Persulfate, Losartan,
and pH)

It is well known that parameters such as the pH of the solution and the concentrations
of catalysts, oxidants, and micropollutants can all affect catalytic performance.

Figure 4A shows that by increasing Mo2C concentration, both the degradation rate
and the adsorption of 500 μg/L LOS increased. Specifically, 41%, 63%, 88%, and 93% of
LOS removal were achieved with 125, 250, 500, and 750 mg/L Mo2C, respectively, after
15 min of reaction, while LOS adsorption rose from 4% for 125 mg/L Mo2C to 30% for
750 mg/L Mo2C during the same reaction time. (The respective kapp values are shown in
Figure S1.) Increasing the amount of Mo2C meant that more active sites were available for
LOS adsorption and SPS activation, leading to faster degradation rates. However, as seen
in Figure 4A, LOS degradation with 750 mg/L Mo2C was not significantly faster than that
for 500 mg/L Mo2C; thus, the chosen catalyst concentration was 500 mg/L. Moreover, an
additional experiment was carried out in the absence of Mo2C to investigate the potential
of SPS to oxidize LOS as a mild oxidant; only 20% LOS removal was achieved after 45 min
of reaction.
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Figure 4. Effect of (A) initial concentration of catalyst on 500 μg/L LOS degradation with 250 mg/L
SPS, (B) initial concentration of persulfate on 500 μg/L LOS degradation with 500 mg/L Mo2C,
(C) initial concentration of LOS on its degradation with 500 mg/L Mo2C and 250 mg/L SPS, and
(D) initial pH on 500 μg/L LOS degradation with 500 mg/L Mo2C and 250 mg/L SPS in UPW.

Consequently, several SPS concentrations (125, 250, 500, 750 mg/L) were tested;
the results are displayed in Figure 4B, showing that the yield increased as SPS con-
centration increased. kapp values increased 4.5-fold when SPS concentration rose from
125 to 250 mg/L. Further increases in SPS concentration led only to 1.44-fold and 2.78-fold
higher kapp for 500 mg/L, and 750 mg/L SPS, respectively, using the kapp value for
250 mg/L SPS as a reference. Taking into consideration the environmental impact that the
generated sulfate anions would have on aquatic systems, as well as the yield of the present
process, 250 mg/L SPS was selected for further experiments [55].

Figure 4C presents concentration–time profiles for different initial LOS concentra-
tions, as well as their respective kapp values. Although the rate constant decreased as the
initial LOS concentration increased (i.e., over five-fold, from 250 to 3000 μg/L LOS), the
Mo2C/SPS process was capable of degrading efficiently relatively high concentrations of
LOS; such concentrations are likely to occur in hospital wastewaters but not in secondary
treated effluents or surface waters [56]. After 15 min of reaction, the remaining quantity
of LOS was 1559, 211, 59, and 23 μg/L for 3000, 1000, 500, and 250 μg/L initial LOS
concentration, respectively. It is worth noting that, despite the 48% degradation observed
after 45 min of oxidation for 3000 μg/L of LOS, the TOC removal after 45 min was only
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14%. This indicates the production of transformation products, as already demonstrated in
other advanced oxidation processes [47].

Solution pH may be an important operating parameter since real water matrices
have different pH values than that of UPW, which is ≈5.5. Therefore, adsorption and
oxidation experiments were conducted at pH = 3.1 and pH = 9.1. As seen in Figure 4D,
LOS degradation was favored under acidic conditions (94% LOS removal in 15 min) and
slightly inhibited as the pH value increased (88% and 80% LOS removal after 15 min at pH
5.5 and 9.1, respectively). The kapp value decreased only 1.72 times as pH increased from
3.1 to 9.1. In contrast to oxidation, LOS adsorption was favored at an inherent pH ≈ 5.5;
there was a slight reduction in LOS adsorption at pH = 9.1, while at pH = 3.1 it was almost
completely inhibited. The zero-point charge of Mo2C is 3.7, while the pKa value of LOS
is 5.05 [47]. Thus, at pH = 3, Mo2C is positively charged, and LOS exists in neutral form,
while at inherent pH and pH = 9, both Mo2C and LOS are negatively charged. As a result,
the adsorption mechanism cannot be claimed to be due to repulsive/electrostatic forces
but to π–π interactions [57–59], which are not favored below pH = 3.

Therefore, the high degradation efficiency at pH = 3 is likely attributed to the higher
adsorption of S2O2−

8 on the positively charged surface of Mo2C, resulting in the formation
of more sulfate radicals.

2.2.3. Effect of Scavengers

Molybdenum is renowned for its various oxidation states (II, IV, VI), indicating a
high electron mobility and leading to the generation of reactive species with high redox
potential, such as SO•−

4 , HO•, and 1O2.
To evaluate the contribution of singlet oxygen, sulfate, and hydroxyl radicals,

9.24 mM of NaN3, MeOH, and t-BuOH were used as scavengers, respectively. As de-
picted in Figure 5, the introduction of each scavenger reduced process efficiency, with
NaN3 resulting in the most severe inhibition, wherein the kapp value decreased almost 22
times. On the other hand, the kapp value decreased almost 2.5 and 5 times after the addition
of t-BuOH and MeOH, respectively. These results suggest that all examined reactive species
contribute to the oxidation of LOS via the multivalent characteristics of Mo, with singlet
oxygen being the predominant reactive species. A plausible mechanism of SPS activation
by Mo2C can be described by Equations (1)–(10).

Mo2+ + 2S2O2−
8 → Mo4+ + 2SO•−

4 + 2SO2−
4 (1)

Mo4+ + 2S2O2−
8 → Mo6+ + 2SO•−

4 + 2SO2−
4 (2)

Mo4+ + 2S2O2−
8 → Mo2+ + 2S2O•−

8 (3)

Mo6+ + 2S2O2−
8 → Mo4+ + 2S2O•−

8 (4)

S2O2−
8 + 2H2O → HO−

2 + 2SO2−
4 + 3H+(SPS hydrolysis catalyzed by M2C) (5)

HO−
2 + S2O2−

8 → SO•−
4 + SO2−

4 + H+ + O•−
2 (6)

2SO•−
4 + H2O → H+ + SO2−

4 + HO• (7)

HO• + O•−
2 →1O2 + HO− (8)

2H+ + 2O•−
2 → H2O2+1O2 (9)
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HO•/SO•−
4 / 1O2 + LOS → by − product . . . . . . . . . → CO2 + H2O (10)

The contributions of HO•, SO•−
4 , and 1O2 were also reported by Bao et al. [42], who

studied the degradation of carbamazepine using Mo2C/C and PMS, and Yang et al. [38],
who investigated the degradation of tetracycline using 5% Cu/Mo2C and PMS. However,
in their studies, sulfate radicals were reported to be the dominant reactive species, unlike
in the present work.

Figure 5. Effect of reactive species scavengers on 500 μg/L LOS degradation with 500 mg/L Mo2C
and 250 mg/L SPS in UPW.

2.2.4. Effect of Water Matrix

Figure 6A illustrates how LOS degradation was affected by the addition of 10 mg/L HA
or 250 mg/L NaCl, NaNO3, and NaHCO3, respectively. Considering the findings from
Section 2.2.2 (i.e., pH effect) and 2.2.3, the negative impact of HCO−

3 , HA and, to a lesser
extent, NO−

3 was probably not related to pH alteration since alkaline conditions did not
delay LOS degradation. Consequently, it may have been be due to LOS adsorption being
hindered by the presence of NO−

3 , HCO−
3 , and HA, and the competition between LOS and

inorganic and organic matter for the generated reactive species (SO•−
4 , HO•, 1O2, O•−

2
)

[60].
NO−

3 as well as HCO−
3 reacted with the formed reactive species, and radicals with smaller

redox potential were produced, as described by Equations (11)–(15) [38,42,44,60].

SO•−
4 + NO−

3 → SO2−
4 + NO•

3 (11)

HO• + NO−
3 → HO− + NO•

3 (12)

SO•−
4 + HCO−

3 → SO2−
4 + HCO•

3 (13)

HO• + HCO−
3 → H2O + CO•−

3 (14)

HCO−
3 + O•−

2 → CO2−
3 + HO•

2 (15)

Interestingly, the addition of NaCl facilitated the degradation of LOS, leading to
complete LOS removal after 150 min (Figure 6A); hence, the effect of NaCl concentra-
tion was studied further. As depicted in Figure 6B, increasing NaCl concentration from
0 to 500 mg/L led to a 5-fold degradation rate increase. Chloride anions may have reacted
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with hydroxyl and sulfate radicals to form active chlorine or hypochlorous reactive species,
as shown in Equations (16)–(20):

SO•−
4 + Cl− → SO2−

4 + Cl• (16)

Cl− + HO• → HOCl•− (17)

Cl− + HO• → HO− + Cl• (18)

Cl− + Cl• → Cl•−2 (19)

Cl•−2 /Cl•/HOCl•− + LOS → by − products (20)

Figure 6. (A) Effect of 10 mg/L HA and 250 mg/L NaCl, NaHCO3, and NaNO3, respectively, on LOS
degradation. (B) Effect of NaCl on LOS degradation. (C) Effect of real water matrices (BW, WW) on LOS
degradation. Experimental conditions: [LOS] = 500 μg/L, [Mo2C] = 500 mg/L, and [SPS] = 250 mg/L.

These results seem contradictory when compared to other studies, which documented
that the addition of Cl− had either no effect on their processes [38,60] or a detrimental
effect on the yield of other systems [44,61]. However, these results align with the works
of Bao et al. [42] and Chen et al. [31], who studied the degradation of carbamazepine and
bisphenol A using Mo2C/C and Mo2Ga2C for PMS activation, respectively. Both studies
reported an enhancement in carbamazepine and bisphenol A degradation in the presence
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of Cl− and attributed it to the direct reaction of chlorine or hypochlorous reactive species
with the unsaturated bonds of micropollutants.

In addition, real water matrices were used (BW and WW) and the results are shown in
Figure 6C. Only 25% and 34% of LOS removal were achieved after 15 min in BW and WW,
respectively, while in UPW, more than 90% of LOS removal was achieved. This decrease in
performance in real matrices was attributed to the presence of inorganic and organic matter,
with HCO−

3 having the highest concentration among them (Table S1). However, it should
be noted that the aim of the present work was not to optimize the system, but to study
how the system was affected by various operating parameters. Therefore, the optimization
of the Mo2C/SPS system should be undertaken under representative conditions if the
proposed process is to be scaled up from the lab to a pilot unit.

2.2.5. Reuse

Eventually, the Mo2C/SPS system was evaluated in terms of catalyst reusability
according to the following procedure: The mixture was allowed to react for 45 min. After
this period, LOS conversion was measured, the mixture was centrifuged, the Mo2C sample
was collected, dried for 12 h, weighed, and then used for the degradation of another LOS
solution and repetition of the experiment. This cycle was run five times (including the
fresh sample) and, in all cases, a complete LOS conversion was achieved, indicating a
high stability of Mo2C, as seen in Figure S3. Moreover, the stability of the reused Mo2C
was corroborated by XRD analysis, as shown in Figure S2. It was observed that Mo2C
remained practically intact after exposure to reaction conditions for 225 min, with the
primary crystallite size remaining unchanged and equal to 35 nm.

2.3. Disinfection and Synergistic Effects with Simulated Solar Irradiation

In a final set of experiments, the Mo2C/SPS process was assessed as a disinfectant
agent. Adsorption, blank, and degradation experiments were performed in the presence
of 500 μg/L LOS and ≈106–107 CFU/mL E. coli. Figure 7A illustrates the degradation of
LOS, while Figure 7B shows the reduction in E. coli population. The presence of E. coli
significantly impacted the degradation and adsorption of LOS. Only 17% LOS removal and
10% LOS adsorption were observed after 60 min, while the E. coli population declined by
1.23 ± 0.11 log and 0.9 ± 0.12 log at the same time during the oxidation and adsorption
experiment, respectively. After 60 min, no further E. coli inactivation and adsorption were
observed, whereas in the case of LOS, slow oxidation was noted, with 30% LOS removal
after 180 min of reaction. These results suggest that both LOS and E. coli competed for the
active centers on the Mo2C surface and for the generated reactive species.

To accelerate the degradation of LOS and E. coli, a coupling of the Mo2C/SPS process
with simulated solar irradiation was conducted. The choice of simulated solar radiation
was made on the basis that in real-world conditions, solar irradiation is a cost-free, green
energy source that is abundant on Earth.

As observed in Figure 7, the solar/SPS process exhibited a high efficiency for LOS
degradation, while as for E. coli inactivation, the yield of the solar/SPS process was rel-
atively poor. After 180 min of reaction, 95% LOS oxidation and 1.30 ± 0.13 log E. coli
elimination were achieved. Regarding the inactivation of E. coli by the solar/SPS process,
similar results were reported by Wang et al. [62], who studied E. coli inactivation by visible
light persulfate activation. Specifically, they mentioned that a system using visible light
with 1 mM persulfate was not able to reduce the population of E. coli. However, when the
persulfate concentration increased to 4 mM, they reported a 7 log E. coli elimination after
80 min [62].

The way reactive species inactivate/eliminate E. coli is similar to the mechanism
proposed by Wang et al. [62] and Wang et al. [63], who studied the hybrid processes of
heat/visible light/persulfate and visible light/hydrochar/persulfate for E. coli inactivation,
respectively. They reported that reactive species cause severe damage to the cell membrane.
The reactive species then pass through the membrane, and the cell’s defense system tries
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to protect itself by producing a high level of intracellular antioxidant enzymes. But as the
reactive species continually penetrate through the membrane, the defense systems become
incapacitated, leading to the destruction of the cell.

Figure 7. Simultaneous degradation of 500 μg/L LOS (A) and inactivation of ≈106–107 CFU/mL
E. coli (B) in UPW with 500 mg/L Mo2C and 250 mg/L SPS and the synergistic effects with simulated
solar irradiation.

However, the results of the synergistic solar/Mo2C/SPS process were promising for
both pollutant and microorganism elimination. Complete LOS removal was achieved in
60 min, comparable to LOS degradation (100% removal in 45 min) in the absence of
E. coli. Regarding E. coli inactivation performance, a reduction by 3.98 log ± 0.21 was
observed, which is significantly higher than that achieved by the Mo2C/SPS and solar/SPS
processes alone.

The hybrid system with k(Solar/Mo2C/SPS) = 0.083 ± 0.005 min−1 exhibited a higher
yield than the sum of the individual processes with k(Mo2C/SPS) = 0.0024 ± 0.003 min−1

and k(solar/SPS) = 0.0165 ± 0.004 min−1, as seen in Figure 7A (curve with dotted lines). The
extent of synergy, S, for LOS decomposition may be computed as follows:

S =
kSolar/Mo2C/SPS

kMo2C/SPS + ksolar/SPS
where,

S > 1(synergistic effect)
S = 1(additive effect)
S < 1(antagonistic effect)

(21)

Subsequently, the value of S from the data in Figure 7A is 4.4.
To examine the observed synergy, an additional experiment was conducted for the

simultaneous removal of LOS and E. coli using the Mo2C/solar system in the absence of
the oxidant. Despite the fact that, according to the literature, the energy gap of Mo2C is
1.22 V [64], the obtained results were similar to adsorption (i.e., absence of light and oxidant).
A possible explanation may be the position of the conduction and valence bands of Mo2C,
which are −0.41 V and 0.81 V, respectively [64]. Therefore, the photogenerated holes have
very low oxidation potential, while the Mo2C/solar system is incapable of producing
hydroxyl radicals. On the other hand, SPS can trap the photogenerated electrons, thus
increasing the separation of photoproduced holes and electrons and producing additional
reactive species into the system through oxidant activation by the photoproduced electrons.
Therefore, the observed synergy can be justified by the higher concentration of reactive
species and the different activation mechanisms in the combined system. Thus, the role of
solar irradiation is associated with an acceleration of the production of additional SO•−

4
and HO• through SPS activation, which consequently leads to the formation of more
O•−

2 and 1O2 (Equations (6), (8), and (9)), which are available for the degradation of
LOS and E. coli. In summary, in the hybrid system, persulfate is activated in three ways:
(i) homogeneously by solar irradiation, which allows a direct attack on LOS molecules and
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on the cell membranes of E. coli, (ii) heterogeneously by Mo2C, and (iii) photocatalytically
by the photogenerated electrons.

3. Materials and Methods

3.1. Materials

Molybdenum carbide (Mo2C ≥ 99.5%, CAS: 12069-89-5), sodium (meta)periodate
(NaIO4 ≥ 99.0%, CAS: 7790-28-5), sodium nitrate (NaNO3 ≥ 99.0%, CAS: 7631-99-4),
sodium persulfate (SPS ≥ 99.5%), losartan potassium (LOS), humic acid (HA, technical
grade), Petri dishes (D = 9 cm), tert-butyl alcohol (t-BuOH), sodium azide (NaN3), sodium
bicarbonate (NaHCO3), ortho-phosphoric acid (H3PO4 ≥ 85%), and sulfuric acid (H2SO4)
were obtained from Sigma Aldrich (St. Louis, MO, USA). Further details for the above
reagents and LOS can be found in the study of Ioannidi et al. (2022). Sodium percar-
bonate (Na2CO3·1.5H2O2, CAS: 15630-89-4), and hydrogen peroxide solution 30% (H2O2,
CAS: 7722-84-1) were bought from Acros organics (Geel, ANTWERP, Belgium) and Carlo
Ebra reagents (Denzlinger Str., Emmendingen, Germany), respectively, while sodium hy-
droxide (NaOH, CAS: 1310-73-2), and sodium chloride (NaCl ≥ 99.5%, CAS: 16610-31000)
were purchased from Penta (Radiová, Prague, Czechia). Methanol (MeOH, hplc-grade,
CAS: 67-56-1) was purchased from Fischer chemicals (Riesbachstrasse, Zürich, Switzerland).
All chemicals were used without any further purification. Furthermore, microbiological
yeast extract (CAS:1702.00) and tryptone (CAS:1612.00) were purchased from Condalab
(C. Forja, Torrejón de Ardoz, Madrid, Spain), while agar (CAS: 9002-18-0) was purchased
from Serva (Carl-benz-str., Heidelberg, Baden-Wuerttemberg, Germany). E. coli (DSM 1103)
was obtained by the Leibniz Institute DSMZ (German Collection of Microorganisms and
Cell Cultures).

Most experiments were performed in ultrapure water (UPW, 18.2 MΩ·cm and
pH ≈ 5.5), while commercial bottled water (BW) and secondary effluent from the University
of Patras campus wastewater treatment plant (WW) were also used. Details of the water
matrices can be found in Table S1.

3.2. Procedure of Degradation Experiments

For LOS oxidation experiments, a batch reactor with a maximum volume capacity of
150 mL was used. The working volume of the reactor with the desired LOS concentration
was 100 mL. The reaction started after the simultaneous addition of the preferred amount
of Mo2C and SPS under continuous magnetic stirring. At fixed time intervals, samples of
1.2 mL were collected, quenched with 0.3 mL MeOH, and filtered through 0.22 μm PVDF
filter.

To study the role of pH, 1 M NaOH and 1 M H2SO4 were used. pH adjustment to
9 or 3 was performed prior to the addition of the catalyst and oxidant. During the reaction,
solution pH was monitored but left uncontrolled. To investigate the contribution of several
kinds of reactive species, MeOH, t-BuOH, and NaN3 were used as scavengers.

3.3. Experimental Procedure of Disinfection

To evaluate the potential of the Mo2C/SPS system for disinfection, E. coli was used as a
representative Gram-negative bacterium. All experiments were conducted in the presence
of 500 μg/L LOS to investigate the simultaneous degradation of xenobiotics and pathogens
typically existing in secondary effluent. The necessary equipment (e.g., glass vessels,
Eppendorf tubes, pipette tips, stirring magnets, beakers, nutrient medium, ultrapure water,
and 0.8% w/v NaCl aqueous solution) for carrying out all inactivation experiments was
sterilized in an autoclave. Details of bacteria cultivation, concentration estimation, and the
execution of inactivation experiments can be found in the supplementary material [65–67].

3.4. Analytical Methods

The concentration of LOS was monitored using a high-performance liquid chromato-
graph (HPLC, waters alliance 2695). Details of the analytical method can be obtained in the
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study of Ioannidi et al. [47]. Total organic carbon (TOC) was measured using a Shimadzu
TOC-LCSH analyzer (Kyoto, Japan).

3.5. Mo2C Characterization

Scanning electron microscopy (JEOL 6300) (Tokyo, Japan) equipped with an energy-
dispersive spectrometer (EDS) was adopted to study the surface morphology and chemical
composition of Mo2C, while the crystal structure of the sample was obtained by X-ray
diffraction (XRD) (Bruker D8-Advanced diffractometer) (Billerica, MA, USA). Its primary
crystallite size was calculated by means of the Debye–Scherrer equation [68]. A zeta
potential analyzer (Zetasizer Nano Z (Malvern), UK) was employed to assess the electrical
characteristics of the catalyst’s solid-liquid interface within the reaction solution. Additional
information can be found in former publications from our group [69].

3.6. Data Analysis

LOS degradation obeys a pseudo-first-order kinetic rate with R2 > 0.98 in all cases.
The apparent rate constants (kapp, min−1) were calculated according to Equation (22):

rate =− d[LOS]
dt

= kapp[LOS] → ln
(

[LOS]
[LOS]o

)
= −kappt (22)

where [LOS]o , and [LOS] refer to LOS concentration at times zero and t, respectively.

4. Conclusions

In this work, Mo2C, a 2D material, demonstrated notable efficiency in persulfate acti-
vation and LOS decomposition. The primary conclusions of this work can be summarized
as follows:

- The investigated system was capable of eliminating 500 μg/L of LOS in less than
45 min. This concentration is well over the upper limit typically found in surface
waters and/or secondary treated effluents, which implies that milder treatment condi-
tions would suffice to deal with environmentally relevant concentrations.

- Oxidation adhered to pseudo-first-order kinetics, and the apparent kinetic constant
decreased with increasing LOS concentration and increased in acidic pH.

- The presence of organic matter and carbonate impeded LOS degradation in the ex-
periments conducted in secondary effluent and bottled water; moreover, the presence
of E. coli slowed down LOS decomposition, while E. coli removal was only 1.23 log
after 180 min. This clearly highlights the critical role of the environmentally relevant
water matrix.

- Sulfate radicals, hydroxyl radicals, and singlet oxygen participated in LOS destruction,
but singlet oxygen emerged as the predominant species. In this respect, the possible
interplay between catalyst, oxidants, and the target and non-target species may be
quite complicated.

- Experiments conducted in the presence of simulated solar irradiation demonstrated a
significant synergy and efficiency improvement, leading to complete LOS elimination
in 60 min and nearly a 4-log reduction of E. coli in 180 min. This implies that process
coupling may be a step in the right direction in terms of enhancing treatment efficiency;
nonetheless, this should be complemented by cost-efficient strategies that can be
offered by the application of renewable energy sources.

- Though the use of 2D materials in environmental remediation appears as a promising
strategy, further research is needed to examine the operation of similar systems under
continuous flow, and scaling up is required. Future work must also delve deeper into
the mechanism and transformation products, as well as investigate toxicity and Mo
leaching during the treatment.
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Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/catal13091285/s1, Figure S1: Apparent rate constants at several
initial concentrations of Mo2C for LOS degradation and adsorption in UPW. Experimental conditions:
[LOS] = 500 μg/L, and [SPS] = 250 mg/L; Figure S2: XRD patterns of the “fresh” Mo2C, and after
exposure to reaction conditions for 225 min (500 mg/L Mo2C, 250 mg/L SPS and 500 μg/L LOS);
Figure S3. Reuse experiments of Mo2C for LOS removal in UPW. Experimental conditions:
[Mo2C] = 500 mg/L, [SPS] = 250 mg/L, and [LOS] = 500 μg/L at inherent pH ≈ 5.5.; Table S1: Main
properties of various water matrices used in this study.
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Abstract: This study aimed to explore the impact of varying amounts of added Au (0.5 to 2 wt.%)
and the structural characteristics of anatase TiO2 supports (nanoparticles (TP, SBET = 88 m2/g) and
nanorods (TR, SBET = 105 m2/g)) on the catalytic efficiency of TiO2+Au catalysts in eliminating the
herbicide glyphosate from aqueous solutions via the catalytic wet air oxidation (CWAO) process.
The investigation was conducted using a continuous-flow trickle-bed reactor. Regardless of the TiO2

support and the amount of Au added, the addition of Au has a positive effect on the glyphosate
degradation rate. Regarding the amount of Au added, the highest catalytic activity was observed
with the TP + 1% Au catalyst, which had a higher Schottky barrier (SB) than the TP + 2% Au catalyst,
which helped the charge carriers in the TiO2 conduction band to increase their reduction potential by
preventing them from returning to the Au. The role of glyphosate degradation product adsorption
on the catalyst surface is crucial for sustaining the long-term catalytic activity of the investigated
TiO2+Au materials. This was particularly evident in the case of the TR + 1% Au catalyst, which
had the highest glyphosate degradation rate at the beginning of the CWAO experiment, but its
catalytic activity then decreased over time due to the adsorption of glyphosate degradation products,
which was favoured by the presence of strong acidic sites. In addition, the TR + 1% Au solid had
the smallest average Au particle size of all analyzed materials, which were more easily deactivated
by the adsorption of glyphosate degradation products. The analysis of the degradation products
of glyphosate shows that the oxidation of glyphosate in the liquid phase involves the rupture of
C–P and C–N bonds, as amino-methyl-phosphonic acid (AMPA), glyoxylic acid and sarcosine were
detected.

Keywords: glyphosate; catalytic wet air oxidation; noble metals; gold nanoparticles; trickle-bed
reactor; water treatment

1. Introduction

The utilization of the wet air oxidation (WAO) process is highly appealing for treating
wastewater that is either too toxic for biological purification or too diluted for incinera-
tion [1]. The use of WAO in large-scale wastewater treatment is limited due to energy
demanding processes (high temperature and high pressure), which cause high operating
costs. The addition of a suitable catalyst mitigates the WAO process by increasing the
reaction rate, shortening the reaction time, and reducing the operating costs [2,3]. In the
catalytic WAO (CWAO) process, organic impurities are oxidised to form biodegradable
intermediates or mineralised to water, CO2, and corresponding inorganic salts, facilitated
by activated O2 species in the presence of catalysts. This takes place in a temperature
range of 130 to 250 ◦C and at a pressure of 10 to 50 bar [4]. Mixed metal oxide systems,
metal oxides, noble metal catalysts supported on materials like titanium oxide (TiO2) and
cerium-based composite oxides have been studied for catalytic wet air oxidation (CWAO)
of diverse organic pollutants [4–8].
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The widely used broad-spectrum herbicide glyphosate (N-(phosphono-methyl)glycine)
is potentially carcinogenic and can cause endocrine disruption in humans even at trace
levels (<0.02 mg/L) [9–12]. In Europe, glyphosate accounts for a third of all herbicides
used. The discussion concerning a possible ban on the use of glyphosate was triggered
by concerns about its possible indirect and direct effects on the environment and human
health. Several European countries have announced that they will ban or severely restrict
the use of glyphosate in the future [13–16]. The U.S. Environmental Protection Agency
has set the permitted level for glyphosate in water at 700 μg/L [17], while EU regulations
have set this level at 0.1 μg/L [18,19]. Complete mineralization of glyphosate by conven-
tional wastewater treatment processes is difficult due to the high chemical stability of the
glyphosate molecule, which is due to the presence of C–N and C–P bonds [20,21]. The
widespread use of glyphosate, improper handling of herbicide-containing containers, and
its good solubility in water (11.6 g/L, 25 ◦C) led to an increase in herbicide concentrations
in groundwater or surface water, resulting in reported glyphosate concentrations of up to
76 mg/L [22–24]. Gupt et al. [25] studied the mineralization of glyphosate in CWAO using
carbon nanofibers (CNF) with iron nanoparticles (Fe NP) deposited on activated carbon
beads (ACB) as a catalyst (0.75 g/L catalyst dose) with high thermal stability (25–1100 ◦C)
and high SBET value (~296 m2/g). After 2 h at 220 ◦C and 25 bar atmospheric pressure,
~70% degradation of aqueous glyphosate (100 mg/L) was achieved. Complete degradation
of glyphosate was achieved after 6 h under the same experimental conditions when Fe-
CNF/ACB with higher specific surface area (~338 m2/g), Fe loading of 4 mg/g, increased
exposure of Fe-NPs to the surrounding liquid, and graphitic properties (ID/IG = 0.946) of
CNFs were used [26]. Xing et al. [27] carried out CWAO of water-dissolved glyphosate
(500–2500 mg/L) at 10 bar and 130 ◦C using activated carbons modified by H2O2 oxidation
and thermal treatment with ammonia or melamine as catalysts and obtained ~97% removal
of glyphosate in the continuous 55-day test.

The objective of this study was to thoroughly examine how varying amounts of added
Au and the structural characteristics of anatase TiO2 supports (nanoparticles (TP) and
nanorods (TR)) influence the catalytic performance of TiO2+Au catalysts in the degradation
of the water-dissolved herbicide glyphosate. This investigation was conducted using a
continuous-flow trickle-bed reactor operating under low-interaction conditions (scheme of
the reactor system in [28]). Liquid chromatography and UV spectrophotometry coupled
with mass spectrometry were employed to explore and quantify potential transformation
products of glyphosate, aiming to identify predominant by-products and elucidate a
plausible oxidation pathway of glyphosate via the CWAO process. To our knowledge, this
is the first application of TiO2+Au catalysts for the CWAO of glyphosate dissolved in water.

2. Results and Discussion

2.1. Catalyst Characterization

The XRD diffraction patterns of the investigated solids illustrated in Figure 1 show the
main diffraction peaks of anatase TiO2 in all cases. No diffraction peaks were detected that
would belong to other TiO2 polymorphs. For the Ti2O+Au catalysts, no diffraction peaks
belonging to gold were observed, which could be due to several facts such as: (i) low gold
loading, (ii) presence of small gold particles, (iii) good distribution of gold on the surface
of the TiO2 supports, etc. [29–32]. The Scherrer equation, utilizing the main diffraction
peak of anatase at 2θ = 25.3◦, was used to determine the average anatase crystallite sizes,
which are shown in Table 1. We can see that there is a difference between the average
anatase crystallite sizes of the bare TiO2 supports of about 5 nm and that the TP sample
has the highest anatase crystallite size of 21.3 nm. Furthermore, we can conclude that the
wet impregnation process used had no influence on the average anatase crystallite size,
regardless of which TiO2 support was used.
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Figure 1. XRD patterns of both pure TiO2 supports and TiO2+Au catalysts with varying Au loadings
are presented. In these patterns, solid vertical lines indicate anatase TiO2 (JCPDS 00-021-1272), while
dotted vertical lines denote fcc Au (JCPDS 01-1174).

The SEM images, N2 adsorption–desorption isotherms and the corresponding BJH
pore size distributions of the investigated solids are shown in Figures 2 and S2. Table 1
shows the results of the N2 adsorption–desorption measurements (SBET, Vpore and dpore).
The obtained SEM and TEM images of the TiO2+Au catalysts reveal that there is a difference
in the morphology of the synthesized catalysts depending on which TiO2 support was
used. In the case of the TP sample, we can observe elongated TiO2 particles with a length
of 40 nm and a diameter of about 30 nm, while in the case of the TR solid as the TiO2
support, we can clearly observe TiO2 in the form of nanorods with a length of 80–100 and
a diameter of about 20 nm. The results of the N2 adsorption–desorption measurements
performed on the investigated materials (Table 1 and Figure S1) reflect well the differences
in the TiO2 support shapes, where the TR-based materials (SBET(TR+Au) = 94–105 m2/g)
have a higher specific surface area (of about 20%) compared to the TP-based materials
(SBET(TP+Au) = 71–88 m2/g). The results also show that impregnating TiO2 supports with
gold did not significantly affect the average pore diameter and the total pore volume
compared to the pure TiO2 supports. This fact indicates that the gold particles were
mainly distributed over the surface of the TiO2 supports and not incorporated into the TiO2
supports [33]. Scanning electron microscopy was also used to obtain data on the actual
gold loading in the fabricated TiO2+Au catalysts compared to the nominal gold loading.
The results of the SEM–EDS analysis can be found in Table S1, which shows that the actual
gold loading is almost equal to the nominal for all TiO2+Au catalysts investigated. The
SEM–EDS elemental mapping images of the investigated TiO2+Au catalysts in Figure S2
also show a good distribution of gold in the synthesized TiO2+Au catalysts. The diagrams of
the gold particle size distribution illustrated in Figure S4 were prepared using transmission
electron microscopy (Figure S3). The results in Figure S4 and Table 1 show that the size
distribution of the gold particles and the average gold particle size depend on the used
TiO2 substrate (dAu(TR+Au) = 9.2 nm and dAu(TP+Au) = 37–54 nm). The TR+Au catalysts
show a narrow size distribution of Au particles compared to the TP+Au catalysts, where
a broader size distribution of Au particles is observed. This could be due to the fact that
the TiO2 supports have different BET specific surface areas and a different shape of the
curve representing the dependence of the zeta potential on the pH of the solution, as shown
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in Figure S5. The pH value of the HAuCl4 × 3H2O aqueous solution used to prepare
TiO2+Au catalysts with 1 wt.% gold content was 3.4. In Figure S5, we can see that, at this
pH value, the surfaces of the TiO2 supports were positively charged, which promoted the
adsorption of (Au(OH)3Cl)− by an electrostatic effect that was stronger in the case of the
TP support (20 mV) than in the case of the TR support (10 mV). For the TP+Au catalysts,
we can observe that, by adding more HAuCl4 × 3H2O to the aqueous solution to obtain
catalysts with a higher Au content, the pH value of the HAuCl4 × 3H2O solution also
decreased. This led to an increase in the surface charge of the TP support, which had an
additional positive effect on the formation of larger gold clusters in the TP + 2% Au catalyst,
apart from the fact that, with the addition of more HAuCl4 × 3H2O to the solution, the
so-called “clustering” effect also occurs, as has already been observed by other authors [34].

Table 1. Comparison of specific surface area (SBET), total pore volume (Vpore), average pore diameter
(dpore), Au particle size, anatase TiO2 crystallite size, TiO2 support diameter (dTiO2) and length (lTiO2),
and Schottky barrier height (SBH) in the examined solids.

Sample
SBET Vpore dpore dAu * Crystallite Size dTiO2 lTiO2 SBH **

m2/g cm3/g nm nm nm nm nm eV

TP 88 0.30 14.8 / 21.3

30 40

/
TP + 0.5% Au 71 0.28 14.6 37.0 21.3 0.26
TP + 1% Au 74 0.29 14.2 36.9 21.3 0.22
TP + 2% Au 75 0.27 13.7 54.0 21.3 0.15

TR 105 0.57 19.3 / 16.7
20 80–100

/
TR + 1% Au 94 0.44 18.9 9.2 16.5 0.16

* Au particle size was calculated by counting more than 100 particles from acquired TEM images. ** Calculated
from the determined values of VBM in Figure 3.

 
Figure 2. SEM images of the TiO2+Au catalysts investigated.
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Figure 3. Determination of VBM of bare TiO2 supports and TiO2+Au catalysts by XPS analysis.

Figure S6 illustrates the UV–Vis DR spectra of the bare TiO2 supports and the prepared
TiO2+Au. Across all materials, the UV–Vis DR spectra exhibit pronounced absorption in
the wavelength range below 400 nm, attributable to the band gap of the TiO2 supports [35].
The incorporation of Au resulted in heightened light absorption within the range of 450 to
600 nm. This enhancement can be ascribed to the existence of metallic Au nanoparticles
within the TiO2+Au catalysts and the consequent localized surface plasmon resonance effect
induced by the plasmonic characteristics of Au [36,37]. A slight shift of the absorption edge
in the UV light region of the TiO2+Au catalysts compared to bare TiO2 supports indicates
that Au particles are deposited only on the surface of the TiO2 supports [38], which is
in agreement with the results of N2 physisorption measurements. The outcomes of the
solid-state PL measurements (depicted in Figure S7) show that all TiO2+Au catalysts have
lower solid-state PL intensities than the pure TiO2 supports, which means that the catalysts
have a lower charge carrier recombination rate than bare TiO2. The lower charge carrier
recombination rates in the TiO2+Au catalysts indicate that there is a junction between
the TiO2 supports and the Au particles. At the interface between TiO2 and Au, a barrier
forms, i.e., the Schottky barrier (SB), which is an obstacle for the charge carriers when they
want to migrate either from Au to TiO2 or vice versa. Furthermore, the results of the PL
measurements confirm the results of the XRD analysis, namely that the TiO2 is present in
the anatase form, as a characteristic anatase TiO2 peak occurs at 3.17 eV [39,40]. In the solid
state TiO2+Au PL spectra a blue shift of the 3.17 eV peak to about 3.2 eV can be observed, as
the gold particles suppress indirect phonon-assisted transitions in the anatase TiO2 [41,42].
The peak at 2.9 eV indicates the lowest indirect transition Γ1b → X1a. The peaks at 2.7,
2.55 and 2.34 eV can be attributed to the existence of TiO2 defects, oxygen vacancies and
shallow trap levels [43,44].

The high-resolution XPS spectra for O 1s, Ti 2p, and Au 4f of the analyzed materials
are presented in Figure S8a–c. The O 1s binding energies for all analyzed materials are
approximately 530.5 eV, corresponding to bulk oxide (O2−) in the TiO2 lattice (Figure S8a).
In the high-resolution O 1s spectra of TP+Au catalysts, a high-energy shoulder appears
about 0.9–1.5 eV above the main O2− peak, attributed to weakly adsorbed species [45] or
low-coordinated oxygen ions (O−) indicating oxygen vacancies [46,47]. Figure S8 shows
that the intensity of this high-energy shoulder (∼532.4 eV) increases with the amount of Au
in the TP+Au catalysts, suggesting an increase in oxygen vacancies and adhesion between
Au and TiO2. These oxygen vacancies can act as electrostatic field centres at the TiO2–Au
interface, enhancing the adhesion between Au and TiO2 and forming a network of Au-O-
Ti [48]. In the Ti 2p spectra of all materials (Figure S8), two peaks at ∼464.9 eV (Ti 2p1/2)
and ∼459.2 eV (Ti 2p3/2) are observed, typical for Ti in the +4 oxidation state [49]. These
results indicate that the chemical bonding between Ti and O remains consistent across all
materials studied, as the Ti 2p3/2 binding energy is ~459.2 eV in all samples (Figure S8b).
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The Au 4f spectra for the investigated TiO2+Au catalysts are shown in Figure S8c. The Au
4f7/2 and Au 4f5/2 binding energies at 83.9 and 87.6 eV, respectively, match the reported
values for fully reduced Au [50]. As already noted by other researchers [51], the intensity
of the Au 4f peak increases with higher Au content in the TP+Au catalysts. The presence of
a peak at 86.6 eV in the spectrum of the TNR + 1% Au catalyst suggests that amorphous
Au2O3 (Au 4f7/2 = 86.9 eV) or other Au3+-containing species (e.g., Au(OH)3) could coexist
with metallic Au on the surface of the TNR nanorods [52]. Figure 3 shows the results of the
measurement of the valence band maxima (VBM) of the analyzed solids. The differences
between the VBMs of the TiO2 supports and the TiO2+Au catalysts represent the height of
the SBs [53] (Table 2). It is noticeable that, for TP-based solids, the Schottky barrier height
decreases with the augmentation of Au content in the catalysts. Furthermore, the catalyst
TR + 1% Au has a lower height of SB than the catalyst TP + 1% Au. For the charge carriers
formed in Au, a high SB is not preferred as they need more time and energy to move to
TiO2, which causes them to bunch and recombine at SB. For the charge carriers moving
from the TiO2 conduction band to Au, a high SB is positive as they cannot move to Au and
remain in the conduction band of TiO2. This allows them to achieve higher energy levels,
thereby increasing the reduction potential [54].

Table 2. Amount and density of acidic sites determined with TPD of pyridine for the catalysts
studied.

Sample

Amount of Acidic
Sites

Density of Acidic
Sites

Peak of Pyridine
Desorption

mmol/g mmol/(m2/g) ◦C

TP 0.174 0.0019 312, 454, 554, above 700
TP * 0.183 0.0021 310, 450, 550

TP + 0.5% Au 0.121 0.0017 320, 441, 619
TP + 1% Au 0.139 0.0018 320, 453, 614

TP + 1% Au * 0.140 0.0018 318, 451, 613
TP + 2% Au 0.068 0.0009 376, above 700

TR 0.210 0.0020 310, 630
TR * 0.204 0.0019 310, 630

TR + 1% Au 0.190 0.0020 310, 629, above 750
TR + 1% Au * 0.190 0.0020 308, 625, above 750

* Samples were calcined at 150 ◦C for 3 h.

Besides the specific surface area, the separation of charge carriers, and the degree of
crystallinity, the surface acidity of the investigated catalysts also significantly influences
their behavior in the CWAO process [28,55]. To measure the surface acidic properties of
the investigated catalysts, the temperature-programmed desorption (TPD) method was
used with pyridine as the probe molecule (Figure 4). The temperatures at which the peaks
of pyridine desorption appear during the TPD measurements, the density of the acidic
sites and the number of acidic sites present in the studied solids are presented in Table 2.
The positions of the peaks of pyridine desorption in high- or low-temperature ranges are
due to the desorption of pyridine from strong or weak acidic sites. The presence of strong
acidic sites on the catalyst surface could trigger either electrostatic interactions or side
reactions, which in turn could lead to the accumulation of carbonaceous deposits on the
catalyst surface (e.g., coking) and ultimately to the deactivation of the catalyst [28,56]. For
the catalysts studied, it can be said that there is a linear trend between the decreasing
number of acidic sites (from 0.210 mmol/g for the TR to 0.190 mmol/g for the TR + 1%
Au) and the decreasing BET specific surface area of the solids studied (from 105 m2/g for
the TR to 94 m2/g for the TR + 1% Au). For the two TiO2+Au series produced, we can
observe that, compared to the pure TiO2 supports, the number of acidic sites decreases
with the addition of gold and that, for the TP+Au series, the amount of acidic surface sites
decreases drastically when the gold loading increases from 1 (0.139 mmol/g) to 2 wt.%
(0.068 mmol/g). The distribution of the strength of the acidic sites, expressed by the
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temperatures of the peaks of pyridine desorption (Table 2 and Figure 4), shows that bare TP
and TR supports exhibit the presence of medium and strong acidic sites, although the ratio
between them is different. In the case of the TP sample, more strong acidic sites are present
than weak acidic sites, while for the TR sample the trend is just the opposite. In addition,
we must emphasize that we have also observed the desorption of pyridine from the TP
sample in the temperature range above 700 ◦C (Figure 4). For the TR + 1% Au catalyst, it can
be observed that the addition of gold did not alter the ratio of weak to strong acidic sites in
comparison to the pure TR support. However, desorption of pyridine is still evident within
the temperature range exceeding 750 ◦C. For the TP+Au series, the peak for the strong
acidic site was shifted to lower temperatures in comparison to the bare TP support (from
550 ◦C for TP sample to 450 ◦C for TP + 0.5% Au and TP + 1% Au catalysts). In contrast,
the TP + 2% Au sample showed a completely different distribution of the strength of the
acidic sites than the pure TP support and the catalysts with 0.5 and 1 wt.% Au loadings.
This could be due to the fact that the TP + 2% Au catalyst also showed the highest average
gold particle size among all TP+Au catalysts investigated. It is evident that the presence
of small gold nanoparticles in the TiO2+Au catalysts has no effect on the characteristics
of the acidic-basic properties compared to bare TiO2 supports, in contrast to larger gold
nanoparticles, which is due to the change in metal–support interaction. Furthermore, in the
case of the TP + 2% Au catalyst, we observed the desorption of pyridine in the temperature
range above 700 ◦C, indicating the presence of strong acidic sites. This could lead to a
decrease in the catalytic activity of the TP + 2% Au catalyst during the CWAO reaction, as
the presence of strong acidic sites favours the accumulation of carbonaceous deposits [28].
We also performed the TPD analysis for the pure TiO2 supports and the catalysts with
1 wt.% Au loading, which were calcined at 150 ◦C for 3 h prior to the measurements to
simulate the effects of reaction temperature on the catalyst properties studied (Figure S9).
The analysis reveals that calcination has no discernible impact on the quantity, density, or
strength of the acidic sites in the investigated materials. This suggests that the properties of
the studied catalysts remain unaffected by the operating conditions of the CWAO process.

 

Figure 4. TPD of pyridine from the surface of the catalysts studied.

2.2. CWAO of Glyphosate

The CWAO operating and reaction conditions were chosen based on the results of
preliminary experiments, where we used 500 mg of inert SiC and different experimental
conditions, such as different reaction temperatures (120 to 180 ◦C) and different flow rates
of the 10.0 mg/L glyphosate aqueous solution (0.5–1 mL/min). The data presented in
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Figure S10 suggest that, under conditions of 180 ◦C and a flow rate of 1 mL/min, approx-
imately 75% of the glyphosate undergoes degradation through non-catalytic oxidation
reactions within the liquid phase. The rate of glyphosate degradation decreases to about
35, 10 and 5% when the reaction temperature decreases to 150, 135 and 120 ◦C, respectively.
Decreasing the rate of aqueous glyphosate solution from 1 mL/min to 0.5 mL/min at
120 ◦C exhibits only a minimal effect on the glyphosate degradation rate. Based on these
results, we decided to start the CWAO experiment using the synthesized catalysts at 135 ◦C
and a flow rate of 1 mL/min and operate at these conditions for 48 h. After this, we
increased the temperature to 150 ◦C and continued with the experiment for another 48 h.

Figure 5 shows the results of glyphosate and TOC conversions over time in a three-
phase trickle-bed reactor packed with the synthesized catalysts. The data were used to
calculate glyphosate degradation and TOC conversion over the 96-h CWAO experiment
and are listed in Table 3. We also performed CHNS elemental analysis of fresh and
96-h operated catalysts to calculate TOC accumulation (TOCaccu) and TOC mineralization
(TOCminer, Table 3). After 35 h at 135 ◦C, all materials achieved steady-state performance.
After 48 h, both TiO2 supports had similar glyphosate degradation rates. The TR support
started at nearly 100% degradation, dropping to ~25% in 30 h, while the TP support started
at 30% and remained constant. These differences are due to varying SBET values and the
nature of acidic surface sites. The TP support’s strong acidic sites and lower surface area
led to lower initial activity as glyphosate degradation products blocked its surface. The TR
support showed slow deactivation over time due to higher initial activity. CHNS analysis
(Table 3) confirmed higher TOCaccu on the TR support, almost twice that of the TP support,
due to its high initial catalytic activity generating more degradation products.

Table 3. Glyphosate conversions obtained in the presence of the investigated catalysts during the
whole 96 h on stream. The carbon content, as determined by CHNS elemental analysis, was assessed
on the surfaces of newly prepared solids (TCfresh) and catalysts employed in the CWAO process
(TCspent). Additionally, the total organic carbon (TOC) conversions (96 h on stream) were correlated
with the percentage of TOC deposition observed on the catalyst surfaces (TOC accumulation on the
surface of spent catalyst (TOCaccu) and TOC mineralization to CO2 and H2O (TOCminer)).

Sample

Glyphosate
Conversion

TOC
Conversion

TCfresh TCspent TOCaccu TOCminer

0–96 h 0–96 h

% mg/g %

TP 35 19 0.16 0.27 2.7 16.3
TP + 0.5% Au 51 41 0.13 0.46 8.1 33.9
TP + 1% Au 67 48 0.11 0.36 6.1 41.9
TP + 2% Au 45 30 0.17 0.50 8.1 21.9

TR 51 29 0.13 0.33 4.9 24.1
TR + 1% Au 65 42 0.15 0.57 10.3 31.7

The results in Figure 5 show that materials containing Au exhibit higher catalytic
activity than the bare TiO2 supports. Heating the catalysts in the CWAO process generates
charge carriers, similar to those produced in heterogeneous photocatalysis, by illuminating
the catalysts with light of suitable energy [57]. As noted, charge carriers and reactive oxy-
gen species oxidize glyphosate even with only bare TiO2 supports (Figure 5). Adding Au
enhances the separation of electron-hole pairs, reducing signal intensities in the photolumi-
nescence (PL) spectra of TiO2+Au catalysts compared to bare TiO2 (Figure S7). UV–Vis DR
measurements (Figure S6) suggest that metallic Au in TiO2+Au catalysts can absorb visible
light and near-infrared radiation. It can be tentatively proposed that, in the CWAO process,
near-infrared radiation absorbed by Au particles may trigger the Au surface plasmon
resonance effect, forming electrons that are injected into the TiO2 support, thus increasing
the catalytic activity of TiO2+Au catalysts compared to bare TiO2. For the investigated
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materials, the surface area of the TiO2 supports in the TiO2+Au catalysts is significantly
larger than that of the Au particles, which leads to the conclusion that the activation of
oxygen in the CWAO process mainly occurs at the surface of the TiO2 supports. This means
that the interface between TiO2 and Au as well as the surface of Au particles should not
be covered by the glyphosate degradation products, so that the Au–TiO2 junction and
the Au particles can participate in the separation and generation of the charge carriers.
We see (Figure 5) that the adsorption of glyphosate degradation products influences the
glyphosate degradation rates of the used TiO2+Au catalysts regardless of which TiO2
support was used. At 48 h, the highest degradation of glyphosate, when considering only
the TP based materials, was achieved by that with 1 wt.% Au loading (~50%) and the
lowest by that with 2 wt.% of Au (~35%). The TR + 1% Au catalyst exhibited a 5% higher
glyphosate degradation rate after 48 h relative to the TP + 1% Au sample. After increasing
the temperature to 150 ◦C, the glyphosate degradation rates also increased for all tested
catalysts by ~15 to 20%, as glyphosate degradation over SiC also increased by ~15%. It
should be noted that the desorption of some weakly bound glyphosate degradation prod-
ucts from the catalyst surface can also be achieved by increasing the reaction temperature.
Almost all investigated catalysts, except the TR + 1% Au sample, reached a steady-state
performance after 10 h on stream at 150 ◦C. After 48 h at 150 ◦C (all together 96 h), the
highest glyphosate degradation rate was obtained in the presence of TP + 1% Au catalyst
(~75%), followed by the TP + 0.5% Au (~62%) and TP + 2% Au (~52%) catalysts. Bare TR
support and TR + 1% Au catalyst exhibited almost the same glyphosate degradation rates
as the TP + 2% Au sample. In the case of the TR + 1% Au sample, we can see that the initial
glyphosate degradation rate was around 75%, which then gradually decreased with the
time on stream almost linearly until ~55%, where it reached the glyphosate degradation
rate of the bare TR sample. The decline in the glyphosate degradation rate observed with
the TR + 1% Au catalyst can be attributed to the accumulation of glyphosate degradation
products on the material’s surface during the CWAO process. Additionally, the TR + 1%
Au catalyst generated a greater quantity of glyphosate degradation products compared
to the pristine TR support, further contributing to this effect. Another possibility would
be that the Au particles are washed off the TR surface during the CWAO process. For this
reason, we also performed SEM–EDX analysis of the spent TiO2+Au catalysts and, as the
results in Table S1 show, the Au loading of the spent catalysts was almost the same as that
of the fresh samples. It should be also emphasized that the TR + 1% Au catalyst exhibited
the highest carbon accumulation (and highest TOCaccu) rate among all the materials inves-
tigated, as shown by the CHNS elemental analysis results provided in Table 3. We also
measured the TOC conversions at 20, 45, 70 and 95 h on stream. The results displayed in
Figure 5b show that the TOC conversion rate orders for the investigated catalysts at 45
and 95 h on stream are the same as the orders for the catalysts based on the glyphosate
degradation rates obtained after 48 and 96 h on stream. Furthermore, regarding the TOC
conversion rates, an enhancement in conversions is observed for all tested materials with
the elevation of the reaction temperature to 150 ◦C. A comparison of the activity of the
catalysts of the TP+Au series shows that a higher Au loading with the same average Au
particle size and the same SB height is favourable for the long-term catalytic activity in
the CWAO degradation of glyphosate, as the comparison of the samples TP + 0.5% Au
and TP + 1% Au shows. This could be due to the fact that the glyphosate degradation
products can cover the surface of the Au particles, which represent the catalytically active
phase in the CWAO process, more quickly in the case of the 0.5 wt.% Au loading. It can
also be said that a higher SB is advantageous, as the TP + 1% Au catalyst already has a
higher catalytic activity at the beginning of the CWAO of glyphosate than the TP + 2%
Au solid. A higher SB allows the charge carriers to remain in the TiO2 conduction band
and increase their reduction potential [54] for the generation of reactive oxygen species
(ROS) as, for example, hydroxyl radicals (•OH) and superoxide anion radicals (•O2

−).
The presence of the latter in our investigated reactor system is evidenced by the detected
degradation products of glyphosate (see Section 3.3), although we cannot clearly state
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whether they are formed by a direct or indirect process [58]. The low catalytic activity of the
TP + 2% Au sample in the CWAO of glyphosate can also stem from the existence of strong
acidic sites and glyphosate degradation products adsorption (high TOCaccu of 8.1%) [28].
When comparing the performance of TR + 1% Au (TOCaccu = 10.3%; TOCminer = 31.7%)
and TP + 1% Au (TOCaccu = 6.1%; TOCminer = 41.9%) catalysts, it can also be said that a
higher SB is favourable for the catalytic activity in the long-term CWAO run, but it must be
taken into account here that smaller Au nanoparticles (dAu = 9.2 nm, Table 1) are found
on the TR + 1% Au surface, compared to the TP + 1% Au solid (dAu = 36.9 nm, Table 1),
which could be more easily covered with glyphosate degradation products, leading to
the catalyst deactivation. In addition, the pyridine TPD profile of TR + 1% Au catalyst
(Figure 4) shows the desorption of pyridine even in the temperature range above 750 ◦C
and thus the presence of strong acidic sites that favour the adsorption of carbonaceous
deposits during CWAO of glyphosate [28].

(a) 

 
(b) 

 
Figure 5. (a) Glyphosate and (b) TOC conversion as a function of time on the stream obtained in the
trickle-bed reactor in the presence of prepared materials.

TPO analysis of the spent catalysts (results are shown in Figure 6) was employed
to monitor the oxidation of the carbonaceous species adsorbed on the surface of the
investigated catalyst. Comparing only the TiO2 supports, the highest weight loss was
measured for the TR support, confirming that a larger specific surface area favourably
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affects the adsorption of glyphosate degradation products, as the calculated weight loss per
surface area is almost the same for TR and TP supports (0.0171% weight loss/(m2/g) for TR
and 0.0178% weight loss/(m2/g) for TP). Further, the TiO2+Au catalysts exhibited a higher
weight loss compared to the bare TiO2 supports as they also degraded more glyphosate
and produced more degradation products. The highest weight loss was measured for the
TR + 1% Au catalyst, which is to be expected considering the results of the CWAO runs
(and the pyridine TPD and CHNS elemental analyses), where the catalyst showed a high
affinity to adsorb glyphosate degradation products. Figure 6b shows the derivations of the
mass as a function of temperature for the thermogravimetric measurements. According to
the literature research, the peaks up to 410 ◦C belong to amorphous carbon, those between
410 and 520 ◦C to single-walled carbon nanotubes and the peaks between 700 and 800 ◦C
to graphite [59]. In the materials we examined, most of the deposits belong to amorphous
carbon. However, some products in the form of carbon nanotubes and graphite can also
be observed. The latter in particular are known to have a strong adsorption affinity for
organic compounds and can thus enhance the apparent removal of glyphosate degradation
products from the liquid phase on the catalyst surface [60].

(a) 

 

(b) 

 

Figure 6. (a) TGA–TPO profiles of the TiO2 and TiO2+Au samples after use in the CWAO process.
(b) Derivation of mass as a function of temperature.
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2.3. Identification of Degradation Products

One of the goals of our study was also to identify the major degradation products
generated during CWAO of glyphosate and, based on the data, propose a possible oxi-
dation pathway characteristic of our reaction system. Multiple investigations posit two
conceivable oxidation pathways for glyphosate under oxidative conditions [22,27,61–63].
The initial pathway involves glyphosate transforming into amino-methyl-phosphonic acid
(AMPA) through the rupture of the C–N bond. Subsequently, AMPA can undergo further
oxidation to yield methylamine, NH4

+, CH2O, NO3
−, and PO4

3−. In an alternative route,
glyphosate is transformed into sarcosine via direct cleavage of the C–P bond, which can
then be further oxidized to glycine, CH2O, and NH4

+. Xing et al. [27], based on their
experimental findings regarding the evolution of primary intermediates and end products,
proposed a preliminary degradation pathway for glyphosate in the CWAO process utiliz-
ing activated carbons as catalysts. Initially, the C–N bond cleavage of glyphosate takes
place, yielding equivalent amounts of formaldehyde (CH2O) and AMPA through reactive
radicals as, for example, superoxide anion radicals (•O2

−) and hydroxyl radicals (•OH).
Subsequently, in the second step, cleavage of the C–N bond of AMPA ensues, leading to
the formation of PO4

3−, NH4
+, and CH2O. In addition, oxidation of CH2O and NH4

+ to
HCOOH and NO3

− takes place. Our qualitative and quantitative data on the catalytic
degradation products of glyphosate when using the TP + 1% Au as a model catalyst are
shown in Table 4. At t = 0, no degradation products of glyphosate, apart from AMPA, were
found in the sample. The unexpected presence of this acid could be explained by a chemical
impurity of the commercial glyphosate or by a spontaneous degradation of glyphosate
in the aqueous solution, prior to its introduction to the reactor. More importantly, the
results in Table 4 demonstrate that the oxidation of glyphosate must include the cleavage
of the C–N bond, as both glyoxylic acid and AMPA were detected in samples withdrawn
from the reactor after 20–90 h on stream. No traces of sarcosine were found in the tested
samples; however, glycine, a downstream degradation product of sarcosine, was deter-
mined at similar concentration levels as glyoxylic acid, which indicates that glyphosate
also degraded by following a secondary pathway that involves the C–P bond cleavage.
Munner et al. [64] observed the same phenomenon, namely that no sarcosine was formed
when •OH radicals attacked the non-adsorbed glyphosate, leading to the rupture of the
C–P bond and formation of glycine. Other downstream degradation products, such as
oxalic acid and MPA, were not detected in the studied samples.

Table 4. Determination of the degradation products of glyphosate in the end-product solutions using
the TP + 1% Au catalyst in the CWAO experiment.

Time on Stream Glyoxylic Acid Sarcosine Glycine Oxalic Acid MPA AMPA

h mg/L

0 n.d. n.d. n.d. n.d. n.d. 0.73
20 0.21 n.d. 0.18 n.d. n.d. 1.20
40 0.25 n.d. 0.32 n.d. n.d. 1.69
90 0.31 n.d. 0.50 n.d. n.d. 2.30

n.d.—not detected.

3. Experimental

3.1. Catalyst Preparation

Two distinct TiO2 substrates underwent wet impregnation to yield TiO2+Au catalysts.
The first, commercially sourced TiO2 DT-51 (generously provided by CristalACTiVTM,
Thann, France), designated as TP, underwent a pre-calcination step in air for 2 h at 200
◦C before the wet impregnation synthesis process. This pre-treatment ensured that the
intrinsic properties of TP remained unaffected by the subsequent operating conditions
of the CWAO experiment. TiO2 nanorods (TR), prepared by a hydrothermal process [65]
and using DT-51 as the starting material, were employed as the second TiO2 support. TR
underwent further calcination in air for 2 h at 500 ◦C to achieve complete transformation of
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the amorphous TiO2 to anatase TiO2. An amount of 0.5 g of the TiO2 support was added
to an aqueous solution of HAuCl4 × 3H2O (25 mL) and stirred for 20 h. The molarity of
HAuCl4 × 3H2O was adjusted to obtain TiO2+Au catalysts with Au weight percent (wt.%)
between 0.5 and 2. The suspension was allowed to dry for 12 h at room temperature before
undergoing calcination at 300 ◦C for 2 h, with a heating ramp of 300 ◦C per hour. The
samples were designated as TP(TR) + x% Au, where x indicates the nominal weight percent
of Au (from 0.5 to 2).

3.2. Catalyst Characterization

Images of the catalysts’ morphology and elemental composition were obtained using
a field emission scanning electron microscope (SEM, Carl Zeiss SUPRA 35 VP Oberkochen,
Germany) equipped with an energy dispersive X-ray detector spectrometer (EDS) Inca 400
from Oxford Instruments. Additionally, transmission electron microscopy (TEM) analysis
was performed using a JEM-2100 instrument from Jeol Inc. (Tokyo, Japan), operating
at 200 keV, to generate gold particle size distribution diagrams for the materials under
investigation.

The phase composition of the materials under investigation was determined using
X-ray powder diffractometry (XRD) with a PANalytical X‘pert PRO MPD instrument
(Almero, The Netherlands), employing Cu Kα1 radiation (wavelength of 1.54056 Å) in
a reflection geometry covering an angular range from 10 to 90◦ with steps of 0.0341◦.
Crystalline phases were identified using PDF standards from the International Centre
for Diffraction Data (ICDD). Prior to N2 adsorption–desorption isotherm measurements
at −196 ◦C using the Micromeritics TriStar II 3020 analyzer, the materials underwent
pretreatment in an N2 stream (purity 6.0, Linde, Munich, Germany,) for 1 h at 90 ◦C and for
4 h at 180 ◦C using the Micromeritics SmartPrep degasser.

A Perkin Elmer Lambda 650 UV–Vis spectrophotometer equipped with a Harrick
(New York, NY, USA) Scientific Praying Mantis DRP-SAP accessory was used to obtain the
UV–Vis diffuse reflectance (UV–Vis DR) spectra of the catalysts.

The LS-55 UV–Vis fluorescence spectrometer from Perkin Elmer (Waltham, MA, USA),
was used to obtain the photoluminescence (PL) emission spectra of the analyzed materials
(excitation wavelength 315 nm).

The valence band maxima (VBM) of the analyzed catalysts were determined using the
PHI–TFA XPS spectrometer (Physical Electronics Inc., Chanhassen, MN, USA). The surface
of the analyzed materials was excited with X-rays emitted from a monochromatic Al-Kα

source with an energy of 1468.6 eV. An energy analyzer with a pass energy of 29 eV and a
resolution of 0.6 eV was used to obtain high energy resolution spectra.

The acidic properties of the studied catalysts were measured using the Perkin Elmer
Pyris 1 TGA instrument. The studied catalysts were heated for 10 min at 200 ◦C in air and
then cooled to 120 ◦C. After reaching 120 ◦C, a stream of N2 and pyridine was turned on
and the catalyst surface was saturated with pyridine for 10 min. To remove the excess
pyridine from the catalyst surface, the solids were purged with N2 for another 90 min. Then,
temperature-programmed desorption (TPD) of pyridine was performed by increasing the
temperature to 750 ◦C with a heating ramp of 20 ◦C/min.

The CHNS elemental analyzer employing the Perkin Elmer 2400 series II was used
to determine the extent of carbonaceous deposits on the catalyst surfaces after the
CWAO experiments.

The nature of the carbonaceous species accumulated on the surface of the studied
catalysts after their use in the CWAO process was determined by the TGA measurements
performed with the Perkin Elmer Pyris 1 TGA instrument. The spent catalyst samples were
heated from 50 to 850 ◦C in air (10 ◦C/min).

A thermogravimetric analysis (TGA-TPO) of the spent catalysts in air (50 mL/min)
was performed with the Perkin Elmer Pyris 1 TGA instrument, which allowed us to
monitor the oxidation of the carbonaceous species adsorbed on the catalyst surface during
the oxidation of the aqueous glyphosate solution.
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3.3. Glyphosate Oxidation Runs in a Trickle-Bed Reactor

A computer-controlled and fully automated Microactivity-Reference (MA-Ref) reactor
system from PID Eng and Tech (Madrid, Spain) was used to perform the CWAO exper-
iments. The MA-Ref unit can be defined as a continuous-flow, three-phase trickle-bed
reactor with the concurrent down-flow of gas and liquid phase. Oxidation of the contami-
nant dissolved in water was carried out in a Hastelloy C-276 tubular reactor (Autoclave
Engineers, Erie, PA, USA) with a length of 305 mm and inner diameter of 9 mm. The tubular
reactor was located in the central part of the reactor unit. An HPLC positive alternative
displacement pump (Gilson, Middleton, WI, USA, model 307) was used to pump the
10.0 mg/L aqueous glyphosate solution into the reactor unit. The Bronkhorst EL-FLOW
HI-TECH mass flow controller was used to supply pure O2 (Messer, Ruše, Slovenia, USA,
purity 5.0) to the reactor system at a prescribed flow rate. Before entering the reactor, the
preheated gas and liquid streams were combined in a T-joint. Sintered stainless steel (SS 316,
10 μm) filters were installed at the bottom and top of the reactor to protect the reactor
assembly from contamination. A total of 300 mg of a catalyst was placed on a sintered 2 μm
frit located in the center of the reactor tube. The reaction temperature was monitored with
a K-type thermocouple installed through the top of the reactor tube and in contact with
the catalyst bed. The PID temperature controller (TOHO, Sagamihara-Shi, Japan, model
TTM-005) was used to control the reaction temperature within ±1.0 ◦C. The liquid and gas
phases were separated at the outlet of the reactor unit using a high-pressure liquid-gas
separator cooled by a Peltier cell. The operating conditions for the CWAO experiments are
listed in Table 5.

Table 5. The operational parameters of the continuous-flow, three-phase trickle-bed reactor during
the CWAO experiments.

Parameter Value

Mass of catalyst in bed, g 0.3
Reaction temperature, ◦C 135–150

Total operating pressure, bar 13.1–14.7
Oxygen partial pressure, bar 10.0

Gas flow rate, mL/min 60.0
Liquid flow rate, mL/min 1.0

Glyphosate feed concentration, mg/L 10.0

3.4. Analysis of the End-Product Solutions

Ion chromatography (IC) with pulsed amperometric detection was used to measure
glyphosate concentration in liquid-phase samples collected during the CWAO experiments.
Measurements were conducted using an Metrohm IC system consisting of a 930 Compact IC
Flex with an amperometric detector with working electrode made of gold (3 mm diameter)
and reference electrode made of palladium. The working temperature of the amperometric
detector was 35 ◦C. Samples (100 μL) were injected automatically using an 858 Professional
Sample Processor. Glyphosate was separated at 30 ◦C on the Metrosep Carb 2–150/4.0
high-capacity anion separation column. The sodium acetate eluent contained 300 mmol/L
sodium acetate and 10 mmol/L sodium hydroxide. The eluent flow rate was 0.4 mL/min
from 0 to 16 min and 0.8 mL/min from 16 to 30 min. The IC system was controlled by
MagIC Net Compact software (version 3.2).

A Shimadzu TOC-L analyzer, paired with an ASI-L autosampler, was employed for
the analysis of total organic carbon (TOC) levels in both untreated and treated glyphosate
solutions. High-temperature catalytic oxidation of the organics contained in the injected
samples was carried out at 680 ◦C in synthetic air (Messer, purity 5.0). The amount of CO2
formed was quantified using a calibrated NDIR detector. The observed error for three
replicates was within ±1%.

The main intermediates and final products of the glyphosate degradation were iden-
tified and quantified by hydrophilic interaction liquid chromatography (HILIC). Chro-
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matographic analyses were carried out on a Thermo Scientific Accela 1250 UHPLC system
(Waltham, MA, USA), which was coupled to a Thermo Scientific LTQ Velos mass spectrom-
eter (MS). The separation of compounds was achieved by using a Waters Acquity UPLC
BEH HILIC 1.7 μm column (100 × 2.1 mm i.d., Milford, MA, USA). The autosampler and
column oven were kept at temperatures of 25 ◦C and 40 ◦C, respectively, throughout the ex-
periment. The mobile phase comprised solvent A (40 mM ammonium acetate) and solvent
B (10 mM ammonium acetate in a water-acetonitrile mixture at a ratio of 1:9, v/v). A solvent
gradient was employed at a flow rate of 0.6 mL/min as follows: from 0 to 6 min (100%
to 60% B), from 6 to 7 min (60% to 100% B), and from 7 to 13 min (maintaining 100% B).
The data were acquired by using a PDA detector at 220 nm and by a mass spectrometer
scanning in the range m/z = 60–300. Electrospray probe was operated in negative ion
mode and the MS parameters were set as follows: spray voltage = 3 kV, T heater = 400 ◦C,
T transfer capillary = 300 ◦C, sheath gas flow rate = 70 arbitrary units, and auxiliary gas
flow rate = 20 arbitrary units. For each analysis, 10 μL of sample was injected, which
was prepared in the following manner: the solvent from the aqueous solutions collected
from the reactor (1.5 mL) at predetermined time intervals was removed under reduced
pressure and the solid residue was reconstituted in 0.15 mL water-acetonitrile (3:7, v/v)
which contained 1 mM EDTA. The resulting solution was then subjected to LC–UV–MS
analysis. The samples were analyzed in duplicates. Quantitation of seven analytes, i.e.,
glyoxylic acid, sarcosine, glycine, oxalic acid, methyl-phosphonic acid (MPA), glyphosate,
and amino-methyl-phosphonic acid (AMPA), was carried out by using an external standard
calibration method.

4. Conclusions

The objective of this study was to use TiO2+Au catalysts and CWAO for the degra-
dation of the herbicide glyphosate and to examine the impact of Au loading and the
structural characteristics of the anatase TiO2 supports (nanoparticles (TP, SBET = 88 m2/g)
and nanorods (TR, SBET = 105 m2/g)) on the catalytic activity of the TiO2+Au catalysts. The
results show that the addition of Au has a positive effect on the glyphosate degradation rate
independent of the TiO2 support and the amount of Au added and that, at the beginning
of the CWAO experiment (reaction temperature 135 ◦C), the TR + 1% Au sample with
the largest specific surface area and the lowest SB height has the highest activity. In the
TP+Au series, where different Au loadings from 0.5 to 2 wt.% were investigated, the highest
catalytic activity was observed for the TP + 1% Au catalyst, which had a higher SB, helping
the charge carriers in the TiO2 conduction band to increase their reduction potential by
preventing them from returning to the Au particles. Compared to the TP + 0.5% Au sample,
the higher Au loading in the case of the TP + 1% Au catalyst and the presence of more Au
particles improved the catalytic activity, as the adsorption and blocking of Au particles
by glyphosate degradation products is less detrimental. The detrimental effects of the
adsorption of glyphosate degradation products on the catalytic activity of the TiO2+Au
catalysts studied became particularly evident when we increased the reaction temperature
to 150 ◦C. The higher specific surface area of the TR + 1% Au sample and the presence of
highly acidic sites favouring the adsorption of glyphosate degradation products, together
with the smallest average size of Au particles under the examined TiO2+Au catalysts, led
to an almost linear decrease of the catalytic activity of the TR + 1% Au sample with time
on stream. The main degradation products of glyphosate were glyoxylic acid and AMPA,
indicating that the glyphosate C–N bond was ruptured. No traces of sarcosine were found,
but glycine was determined in similar concentrations as glyoxylic acid, indicating that the
glyphosate C–P bond was also cleaved. The results of the present study indicate that high
long-term catalytic activity of TiO2+Au catalysts in the CWAO process for the degradation
of glyphosate dissolved in water is a combination of the appropriate specific surface area,
SB height, acidic-basic properties, Au loading, and average Au particle size, as obtained in
the case of the TP + 1% Au catalyst.
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Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/catal14070448/s1, Table S1: The outcomes of the SEM-EDS elemental
analysis were derived from scans conducted at 15 kV in area scan mode across more than ten
randomly chosen locations. Figure S1. (a) N2 adsorption-desorption isotherms of the fabricated
materials and (b) corresponding BJH pore size distributions. Figure S2. SEM images of the TiO2+Au
catalysts under investigation are provided alongside corresponding elemental mapping. In these
images, the colors cyan, green, and red are used to denote the elemental components of Ti, O, and
Au, respectively. Figure S3. TEM images of the investigated TiO2+Au catalysts, taken at different
magnifications. The red arrows mark the Au nanoparticles detected by TEM elemental analysis.
Figure S4. Au particle size distribution in the investigated TiO2+Au catalysts. Figure S5. Zeta
potential as a function of pH value for TP and TR supports. Figure S6. UV-Vis DR spectra of the
analyzed TiO2 supports and TiO2+Au catalysts. Figure S7. The photoluminescence (PL) emission
spectra in solid-state were captured for both pure TiO2 supports and the synthesized TiO2+Au
catalysts. Figure S8. High resolution spectra for (a) O 1s, (b) Ti 2p and (c) Au 4f for the examined
catalysts. Figure S9. TPD of pyridine from the surface of (a) fresh TP and TP + 1% Au solids and TP
and TP + 1% Au samples calcined at 150 ◦C for 3 h in air (marked as TP calc@150 ◦C/3 h and TP +
1% Au calc@150 ◦C/3 h), and (b) fresh TR and TR + 1% Au solids and TR and TR + 1% Au samples
calcined at 150 ◦C for 3 h in air (marked as TR calc@150 ◦C/3 h and TR + 1% Au calc@150 ◦C/3 h).
Figure S10. Conversion of glyphosate as a function of temperature and flow rate obtained in the
trickle-bed reactor in the presence of 500 mg SiC (cglyphosate, feed = 10.0 mg/L).
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Abstract: An improved catalytic wet oxidation method for the disposal of excess activated sludge
from a coal chemical wastewater treatment process by using the prepared Cu-Ce/γ-Al2O3 catalyst
was reported. The effects of catalyst dosage, reaction temperature and time, and initial oxygen
pressure on the degradation of the sludge were investigated. The maximum removal rate of volatile
suspended solids, 93.2%, was achieved at 260 ◦C for 60 min with the catalyst 7.0 g·L−1 and initial
oxygen pressure 1.0 MPa. The removal rate of chemical oxygen demand was 78.3% under the same
conditions. The production of volatile fatty acids, including mainly acetic acid, propanoic acid, and
isobutyric acid, increased with the increasing temperature. These acids have the potential to be carbon
sources for the biological treatment of wastewater. Scanning electron microscopy images showed
that the sludge became a loose porous structure, which is beneficial for dewatering performance. The
results of an energy dispersive spectroscopy analysis illustrated that the carbon element in the sludge
substantially migrated from solid to liquid phases. Therefore, these results demonstrated that the
proposed catalytic wet oxidation method offers a promising pathway for the disposal and utilization
of excess activated sludge from the coal chemical wastewater treatment process.

Keywords: catalytic wet oxidation; coal chemical sludge; coal chemical wastewater

1. Introduction

With the fast development of the coal chemical industry, a huge amount of coal chemi-
cal wastewater has been produced. Normally, this wastewater is treated with chemical and
biological treatment processes. Therefore, a massive excess of activated sludge is generated
from the biological treatment plant. The sludge poses an environmental risk unless it is
disposed of safely because of the contained hazardous compounds and heavy metals [1,2].
Because of the existence of hazardous materials, the biological method always showed
low efficiency [3]. Incineration was chosen for the final method. However, it can produce
pollutant problems, such as dioxin and toxic materials. Furthermore, incineration has high
cost as a disposal method [4,5]. Nowadays, the treatment of sludge has become a difficult
area for the coal chemical industry. A satisfying disposal pathway for coal chemical sludge
is strongly desired.

Typically, caprolactam, an important raw material for the production of polymers,
was produced massively [6]. And, the increasing trend is still ongoing because of the
huge demand of humankind. In this case, a large amount of excess activated sludge was
produced simultaneously [7,8]. Caprolactam is normally produced via the toluene process,
the phenol process, or the benzene process. Each of them produces hazardous chemical ma-
terials, such as benzene and benzene hydrocarbon. Then, it was induced that huge amounts
of hazardous materials were dissolved in wastewater [9–11]. In the biological wastewater
treatment process, microorganisms will absorb a lot of these hazardous materials. Finally,
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large amounts of excess activated sludge, containing huge amounts of hazardous materials,
were produced. Obviously, the biological treatment process is not suitable for the treatment
of wastewater. To date, the disposal of caprolactam sludge is still an urgent problem to
be solved.

In recent years, advanced oxidation processes (AOPs) have attracted widespread
attention due to their high efficiency in the degradation of hazardous and toxic organic
contaminants [12–14]. Among them, wet oxidation (WO) exhibited a high potential for the
removal of hazardous contaminants [15–18]. Because of the high oxidation activity of free
radical agents, organic compounds could be oxidized to small molecular organic carboxylic
acids such as acetic, formic, and oxalic acids, and even CO2 and H2O [19,20]. Some
commercial wet oxidation plants were established for the treatment of pharmaceuticals,
textile effluents, paper mills, and olive effluents [21,22]. However, a high disposal fee is
always needed for wet oxidation disposal because of its reaction conditions. Therefore,
catalytic wet oxidation technology has been developed in recent years. The addition of a
catalyst could enhance the reaction efficiency and decrease the operating temperature and
time [23,24]. In the past few decades, transition metals have been proved to be excellent
oxidizing candidates [25,26]. Specifically, Cu-based catalysts have attracted considerable
attention. Li et al. reported that a Cu-loaded catalyst can accelerate the degradation of
acetaldehyde [27–29]. A Cu catalyst was also reported for its efficiency in the oxidation
of formic acid and phenol [30]. Furthermore, a ceria catalyst has also been proved to be
efficient in wet oxidation [31,32]. Recently, a ceria-based catalyst has obtained increasing
attention. However, Cu- and Ce-composite catalysts have been rarely studied.

Volatile fatty acids (VFAs), including oxalic acid, acetic acid, and propanoic acid,
could be massively produced in sludge disposal [33]. For example, Gapes reported that
carboxylic acids could be realized in the wet oxidation of sludge [34]. Chung reported that
the propionic acid concentration increased to 13.5 mg/L at 240 ◦C in the wet oxidation
process [35]. Wu reported on propionic and butyric acid production [36]. A lot of the
available literature reported results on maximizing the yield of acetic acid. The effect of the
amount of oxygen is the key influence parameter for the production of acetic acid [37]. It
should be noted that the VFA solution, produced after the WO process, has the potential to
be used as a kind of organic carbon source. Therefore, the production of acetic acid and
VFAs through wet oxidation is well worth studying.

In this study, an improved catalytic wet oxidation method for the disposal of excess ac-
tivated sludge from a coal chemical wastewater treatment process was reported by using the
prepared Cu-Ce/γ-Al2O3 catalyst. The effects of the catalyst dosage, reaction temperature
and time, and the initial oxygen pressure on the reactivity of the system were investigated.
In addition, the characteristics of the produced liquid and solid were analyzed.

2. Results

2.1. Effect of Catalyst Dosage

Experiments with the catalyst addition amount from 0 to 7.0 g·L−1 were carried out to
assess the effects of the catalyst. The reaction conditions included a temperature of 260 ◦C
and time of 60 min, with the initial oxygen pressure 1.0 MPa. The experimental results can
be seen in Figure 1. As illustrated in Figure 1, the removal rates of chemical oxygen demand
(COD) increased significantly in the presence of the catalyst with the amount increasing.
The catalyst used in this study had a considerable catalytic effect on the wet oxidation
of the sludge. In contrast, the removal rate of volatile suspended solids (VSSs) was not
significant. Comparing the wet oxidation of the sludge and its oxidized intermediates,
the VSS removal of the sludge occurred more easily because the removal rate of VSS was
above 85% even in the absence of the catalyst, as seen in Figure 1. However, the increase
in COD removal influenced the VSS removal with the addition of the prepared catalyst.
When the COD removal rate was higher, the hydrolysis of the sludge was enhanced. In our
previous study, the catalytic reactivity of a prepared Cu-Ce/γ-Al2O3 catalyst was proven
to be effective for the wet oxidation of pharmaceutical sludge. It is evident that the catalytic
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effect is similar for coal chemical sludge. This means that the prepared catalyst has a better
capacity with the load of copper and ceria as active elements.
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Figure 1. Effect of catalyst dosage (260 ◦C; 60 min; initial oxygen pressure 1.0 MPa).

2.2. Effect of Reaction Temperature

Reaction temperature always has significant influence in the wet oxidation process.
On the one hand, higher temperatures provide higher reaction efficiency due to their higher
energy, according to Arrhenius’ law. Moreover, the solubility of oxygen gas increased when
the temperature increased, which increased the oxidant for the wet oxidation of organic
pollutants in the solution. In this study, the influence of temperature (180~260 ◦C) was
investigated with a reaction time of 60 min, a catalyst of 7.0 g·L−1, and an initial oxygen
pressure of 1.0 MPa. The experimental results are shown in Figure 2.
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Figure 2. Effect of reaction temperature (60 min; initial oxygen pressure 1.0 MPa; catalyst 7.0 g·L−1).

In Figure 2, it can be seen that the removal rates of the COD and VSSs increased
significantly with the temperature increasing. Under the reaction temperature of 180 ◦C,
the removal rates of COD and VSSs are very low. However, the removal rate of COD was
almost 40%. Compared to the COD removal in the reaction, the VSS removal rate was
much higher. The possible reason may be that the sludge was more easily decomposed due
to hydrolysis, which happened easily under hydrothermal conditions. In the wet oxidation
process, acetic acid is a common intermediate, which is not easily oxidized. Then, the
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produced acetic acid could be accumulated, and the COD removal would be inhibited.
Therefore, the VSS removal rate was much higher than that of the VSSs, even with surplus
oxygen gas in the wet oxidation reaction system. These results were similar to Strong’s
results, which demonstrated that a VSS removal rate of 93% was achieved at 220 ◦C for
2 h under a pure oxygen pressure of 2.0 MPa. All these results imply that the reaction
temperature is a key reaction parameter in the reaction. And, the reaction temperature
should be high enough to acquire better removal results. However, a high temperature
will increase the cost for the building and operation of the reaction system. Thus, in the
industrial utilization of wet oxidation technology, the reaction temperature should be
considered together with the reaction efficiency and the cost for the reaction system.

2.3. Effect of Reaction Time

The influence of reaction time on the sludge degradation was investigated with the
experiments’ reaction times varying from 20 to 60 min.

As shown in Figure 3, the COD and VSS removal rates increased simultaneously
with the extension of the reaction time. A linear relationship between the increase in
removal rates and the reaction time existed. The possible reason may be that the cell wall
was destroyed more completely under higher temperatures during wet oxidation, which
induced the solubilization of the sludge, and the decrease in the COD and VSSs when the
reaction time was longer than 20 min. With the extension of the reaction time, the wet
oxidation of intermediates and the hydrolysis of the sludge took place gradually. More
importantly, some intermediates, which were not easily oxidized further, such as acetic acid,
accumulated with the process of wet oxidation. Therefore, when the COD removal rate was
near 80%, it could not increase further. Therefore, considering the oxidation efficiency and
economic factors together, we chose 60 min as the favorable reaction time for the optimum
reaction parameter.
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Figure 3. Effect of reaction time (260 ◦C; initial oxygen pressure 1.0 MPa; catalyst 7.0 g·L−1).

2.4. Effect of Initial Oxygen Pressure

To assess the influence on the oxidant in wet oxidation, i.e., the addition of oxygen
gas, experiments were carried out with the initial oxygen pressures changing from 0.2
to 1.0 MPa. The experimental results can be found in Figure 4. As seen in Figure 4, the
removal of the COD was greatly influenced by the addition of oxygen gas. With the initial
oxygen pressure increased, i.e., the increase in the oxidant, wet oxidation took place more
easily. In contrast, the VSS removal rate was only slightly influenced by the change in
the amount of oxygen. The possible reason for VSS removal could be attributed to the
hydrolysis of the sludge; thus, the VSS removal rate was above 80% even with an initial
oxygen pressure of 0.2 MPa. As mentioned above, the reaction temperature was the main
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factor which influenced hydrolysis. Therefore, the influence of the amount of oxygen on
VSS removal was small.
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Figure 4. Effect of additional oxygen pressure (260 ◦C; 60 min; catalyst 7.0 g·L−1).

On the other hand, the production of strong oxidation species was enhanced by the
increase in additional amounts of oxygen. The dissolved amount of oxygen in the liquid
increased, and the gas–liquid mass transfer speed increased. All these conditions increased
the wet oxidation rate. Therefore, the COD removal rate increased significantly with the
initial oxygen pressure increasing. However, the surplus addition of oxygen had a small
influence on the wet oxidation of the sludge once the wet oxidation was almost stable.
As shown in Figure 4, when the initial oxygen pressure increased from 0.8 to 1.0 MPa,
the removal rate of the COD increased very little. A possible reason may be that the
non-oxidizable intermediates were accumulated in the wet oxidation process, such as acetic
acid. Therefore, the additional amount of oxygen gas was enough once it was sufficient for
the removal of the COD.

2.5. Removal of COD and SCOD

The COD value can reflect the concentration of most organic pollutants. Therefore,
the removal of organic pollutants, i.e., the degradation of the sludge, could be assessed by
measuring the COD and the soluble chemical oxygen demand (SCOD). The SCOD means
the organic pollutants in the liquid. As shown in Figure 5, it was found that the removal
rates of the COD and the SCOD increased significantly with the increasing temperature.
The maximum values were obtained at 260 ◦C. The difference between the COD and the
SCOD is mainly due to the different reaction speeds of hydrolysis and oxidation, as the
hydrolysis process goes faster than oxidation under subcritical conditions. These results
also illustrated the decrease in VSSs under higher reaction temperatures, which implied
that the VSSs were transferred to a liquid phase. These results illustrated that the reaction
temperature should be high enough to remove the VSSs in the sludge as fast as possible.

2.6. Production of Acetate and VFAs

During the wet oxidation process, organic materials could be oxidized to small
molecule organics, i.e., carboxylic acid and even carbon dioxide. VFAs are the dominant
component of these intermediates, and they are considered to be reused as value-added
materials. The effect of temperature on the concentrations of acetic acid and VFAs is shown
in Figure 6.
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Figure 6. Production of acetic acid and VFAs.

As shown in the figure, the VFA concentration was found to increase dramatically
while the reaction temperature rose. For acetic acid, the concentration increased from the
minimum (180 ◦C) to the maximum (260 ◦C). However, it remained stable from 240 to
260 ◦C. It has been reported that the maximum value of the VFAs was obtained at 250 ◦C
within 30 min, and the surplus oxidants would induce the oxidation of the VFAs, including
acetic acid. Therefore, this steady state might be caused by the slight decomposition of
acetic acid as the temperature was quite high and oxidizers were abundant, which reduced
the formation of acetic acid from the decomposition of other organic substances. The value
of acetic acid/VFAs was also calculated and it was proven that acetic acid was the main
component of the VFAs. The value was quite high, almost 80%. Acetic acid dominated
the post-reaction VFAs mainly because it was a stable intermediate and was relatively
hard to decompose under reaction conditions. Acetate sodium was always selected as an
organic carbon source in the biological wastewater treatment process. Therefore, the liquid
after wet oxidation has the potential for the utilization as an organic carbon source in the
wastewater treatment.

2.7. Characteristics of Sludge before and after WO

To investigate the changes in the microstructure and elemental composition of the
sludge before and after the WO reaction, scanning electron microscopy (SEM) and energy
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dispersive spectroscopy (EDS) analyses were adopted to investigate the solid after wet
oxidation. Figure 7 shows the structural changes of the sludge before and after the WO
reaction at the scales of 50 and 10 μm. As shown in Figure 7a,b, the sludge was in a cohesive
and relatively complete block shape with sparse pores before the WO reaction. As shown
in Figure 7c,d, the sludge particles became smaller and the pores increased significantly
after the WO reaction. These results illustrated that the solid is conducive to the release of
intercellular water and thus improves dehydration performance because of the removal of
organic materials in the sludge.

Figure 7. SEM images before (a,b) and after (c,d) wet oxidation (260 ◦C, 1.0 MPa O2, pH = 8.09; left
to right: 100 nm, 500 nm, and 1 μm).

Figure 8 shows the energy spectrum analysis results. As shown in Figure 8, the changes
in the content of the carbon and oxygen elements in the sludge after the WO reaction were
significantly decreased compared with the results before the WO reaction. The carbon
content in the sludge decreased by almost 30% between the results from before and after
the reaction, indicating the removal of organic substances. The VSS removal rate was above
90% at 260 ◦C for 60 min, which means that the amount of solids decreased significantly
after the wet oxidation. Based on the calculations, the amount of metals increased. The
possible reason may be that the metal ions were oxidized and precipitation happened.
Therefore, wet oxidation can not only oxidize the organic pollutants, but it can also remove
some heavy metals by changing the pH of the liquid.

(a) (b)
0.2 mm0.2 mm0.2 mm0.2 mm0.2 mm

Figure 8. EDS images before (a) and after (b) the sludge WO reaction.
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3. Discussion

It is very hard to illustrate the distinct mechanism because the sludge is very complex,
and the intermediates were also very complex. The sludge consisted of microorgan-
isms and organic pollutants, but the detailed mechanism of sludge wet oxidation is still
unknown [38,39]. However, the wet oxidation reaction is always assumed as a free radical
oxidation reaction [40]. Normally, wet oxidation was assumed to be a free radical reaction
mechanism. Under hydrothermal conditions, large amounts of free radicals were produced
based on the dissolution of oxygen, which possessed strong oxidant activity. Then, the
oxidation reaction took place easily, and the pollutants were oxidized and removed.

For the wet oxidation of the sludge, based on the experimental results and discussion
above, it is supposed that hydrolysis was the first step. In the hydrolysis process, proteins
and lipids decomposed into a liquid, along with the dissolution of inorganic materials. Then,
a high VSS removal rate was achieved. Because the reaction temperature was very high,
the hydrolysis process took place very quickly. Once the solid materials were transferred to
a liquid phase, the compounds were oxidized by the strong oxidant free radicals. Then,
a lot of VFAs were produced, including acetic acid, isobutyric acid, and propanoic acid,
etc. [41,42]. The BOD5/COD ratio of the liquid was very high, even above 0.70. In some
industries, acetate sodium was always bought as a carbon source for industrial refractory
wastewater treatment. Some experimental results proved that the oxidation liquid is useful
for nitrogen removal in wastewater treatment. Therefore, the liquid after wet oxidation
has the potential to be utilized as an organic carbon source in the biological wastewater
treatment process. The advantages of WO also include exothermic reactions, which can
be used to amend the energy consumption to maintain the occurrence of the reaction.
After the WO reaction, the sludge particles became smaller and the pores significantly
increased, which was conducive to the release of intercellular water and thus improved the
dehydration performance. The solid could be used for the production of ceramic aggregate
or permeable brick. Therefore, WO can be regarded as an ideal method for the volume
reduction and resource utilization of pharmaceutical sludge.

In the present study, wet oxidation was conducted in a batch reactor. After the catalyst
was used several times, the enhancement of the catalyst for the COD and VSS removal
was still above 95%. And, the catalyst became more stable when the catalyst was used for
wet oxidation for a long time. Therefore, for the industrial utilization of this method, there
is still a need to study it in a continuous reaction system. In addition, the stability of the
catalyst still needs to be verified. Under the hydrothermal reaction conditions, the leaching
of the active elements, including copper and ceria, should be discussed. Furthermore,
the catalyst should be developed further. Once the cost for the wet oxidation process is
accepted for commercial utilization, the catalytic wet oxidation method could be broadly
industrially utilized.

4. Materials and Methods

4.1. Materials

The excess activated sludge used for the experiments was obtained from a coal chemi-
cal industry in China, which produced caprolactam. The initial parameters of the sludge
were the following: COD 16,500~17,500 mg·L−1, VSS/SS 81.3%, pH, 8.47. The sludge was
stored in a refrigerator at 4 ◦C to avoid possible biological activities. All the reagents used
in this study were analytical grade without any treatment.

4.2. WO Reaction System

WO runs were performed in a stainless-steel autoclave reactor with an inner volume of
200 mL. The functions of heating, stirring, and temperature monitoring were integrated and
equipped in the reactor. The information on the reaction system can be found elsewhere [43].
A diagram of the reaction system is shown in Figure 9. For a typical experiment run, 100 mL
of the sludge solution was added to the reactor initially. Then, oxygen gas at 0.5 MPa was
purged and vented three times to remove the air inside. On the fourth purge, oxygen was
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stored inside the reactor as the oxidant and the pressure was increased to 0.2~1.0 MPa. The
reaction temperature was set between 180 and 260 ◦C and monitored using a thermocouple
to maintain a deviation of 2 ◦C. Once the reactor achieved the set temperature, the reaction
time would start to count and was set to 20~60 min. The stirrer speed was kept constant at
300 rpm throughout the process. The experiments for each reaction condition were carried
out three times. As the experiments were conducted in batch mode, the inner pressure was
self-pressurized. When the reaction finished, the reaction was moved and cooled to room
temperature. The liquid and solid were collected and sampled.

Figure 9. Diagram of wet oxidation reactor; 1—oxygen supply, 2—heating jacket, 3—oxidation
reactor, 4—thermocouple, 5—discharge of gas, 6—bleeder valve, 7—pressure meter, and 8—stirrer.

4.3. Preparation of Catalyst

Detailed information about catalyst preparation and characteristics can be found
elsewhere [44]. The catalyst was prepared using an impregnation process. The solution of
Cu(NO3)2 and Ce(NO3)3 with a molar ratio of 1:1 and the concentration 1.0 mol·L−1 was
prepared. γ-Al2O3, as a carrier, was put into the solution. After 24 h of impregnation, the
carrier was collected, and then it was baked at 550 ◦C for 4 h. Finally, the Cu-Ce/γ-Al2O3
catalyst was prepared.

4.4. Analysis Method

Various parameters such as the COD, SS, VSSs, and pH were determined according
to standard methods [45]. After acidification (pH < 2) and filtration with a 0.22 μm mem-
brane, the VFAs were identified and quantitatively analyzed by using gas chromatography
(GC, Persee G5, Beijing, China) with bonded polyethylene glycol capillary columns (DB-
FFAP, Agilent, Santa Clara, CA, USA) and a flame ionization detector (FID). Helium gas
(Huaxiong Gas Co., Ltd., Jiaxing, China) was selected as the carrier gas. The powdered
sample of dried sludge and WO residue were characterized using SEM (Gemini 300, ZEISS,
Oberkochen, Germany) and EDS (INCA X-Act, Oxford, United Kingdom) to observe the
morphology and element distribution.

5. Conclusions

In the present study, an improved catalytic wet oxidation method for the disposal of
excess activated sludge from a coal chemical wastewater treatment process was reported
by using the prepared Cu-Ce/γ-Al2O3 catalyst. The effects of catalyst dosage, reaction
temperature and time, and initial oxygen pressure on the degradation of the sludge were
investigated. The highest removal rate of volatile suspended solids, 93.2%, was achieved
at 260 ◦C for 60 min with the catalyst 7.0 g·L−1 and an initial oxygen pressure of 1.0 MPa.
The removal rate of the chemical oxygen demand was 78.3% under the same conditions.
The concentration of volatile fatty acids, including mainly acetic acid, propanoic acid, and
isobutyric acid, increased with the temperature increase. The trend of VFAs and acetic
acid demonstrated that there was a peak in the promotion of organic acid content by
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increasing the temperature. These acids have the potential to be carbon sources for the
biological treatment of wastewater. Our previous study proved that nitrogen removal
could be enhanced with the addition of a wet oxidation liquid in the inlet wastewater in an
A/O wastewater treatment system. Scanning electron microscopy images showed that the
sludge became a loose porous structure, which is beneficial for the dewatering performance.
The results of an energy dispersive spectroscopy analysis illustrated that the carbon element
in the sludge substantially migrated from solid to liquid phases. The utilization of the
solid could be realized through the production of ceramic aggregate. Future work should
be completed for industrial utilization. These results demonstrated that the catalytic wet
oxidation process provides a suitable alternative pathway for the disposal and utilization
of excess activated sludge from the coal chemical wastewater treatment process.
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Abstract: Pyridine was degraded in a rotating photo-disc reactor (RPR) using zinc oxide
(ZnO) doped with aluminum nanoparticles (ZnO-Al) as a catalyst and natural light lamps.
The reactor disks made of clay had a surface area of 329.7209 m2. The reactor was operated
as a semi-batch system, where it handled a volume of 14.8 L and had a hydraulic residence
time (HRT) of 72 h at 54 rpm with a constant flow rate. The results indicate an average
degradation of 50.6% after an HRT of 72 h, with a maximum degradation of 62%. The char-
acterization results confirm the effectiveness of the doping process, showing an aluminum
concentration of 4.11% by mass in the catalyst, as determined by X-ray techniques. Overall,
the doping process proved effective for the zinc oxide catalyst, as evidenced by a reduction
in the catalyst bandgap from 3.25 eV for undoped ZnO to 3.08 eV for the doped version,
making it sufficiently active under artificial visible light.

Keywords: pyridine; rotating photo-disc reactor (RPR); zinc oxide; aluminum

1. Introduction

Industrial development has grown significantly in recent years, leading to a substan-
tial increase in industrial waste discharge into receiving bodies of water. This has resulted
in the release of various pollutants into water bodies. Numerous persistent organic com-
pounds have been identified, including phenols, chlorophenols, and pyridine, which are
compounds commonly associated with industrial activities [1].

Pyridine is widely used in the synthesis of various compounds, including fer-
tilizers, paints, and pesticides. Advanced oxidation processes are an effective alter-
native for degrading persistent organic compounds. These processes include non-
photocatalytic methods, such as ultrasound, as well as photocatalytic methods, such as
heterogeneous photocatalysis.

The increasingly acceptable use of chemical products in industries and homes has led
to an increase in organic pollutants in effluents [2].

Various industries release a significant number of aromatic compounds into the en-
vironment due to their widespread use in many industries. Among these, heterocyclic
aromatic compounds, such as pyridine and its derivatives, are of particular concern as
environmental pollutants due to their recalcitrant, toxic, and teratogenic nature [3,4].

Catalysts 2025, 15, 437 https://doi.org/10.3390/catal15050437
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Pyridine and substituted pyridines are important intermediates for the synthesis of
pharmaceuticals, herbicides, metal corrosion inhibitors, rubber vulcanization accelerators,
etc. [5–9].

Pyridine, a chemical compound with the formula C3H5N, has caused significant
environmental pollution due to its widespread industrial use, especially in wastewater.
Even at very low concentrations (0.3 μg/L), pyridine imparts an unpleasant odor to water,
and at higher concentrations (0.82 mg/L), it also affects the taste. Consequently, researchers
have actively explored effective and economically viable techniques to mitigate pyridine
contamination and purify contaminated water [9–13].

ZnO is an important semiconductor material that has a wide range of applications,
including transparent conducting oxides, UV light absorbers, and photocatalysis.

Transition metal doping and mixed oxide formation are two widely studied mech-
anisms to improve the intrinsic properties of binary oxides. Both procedures have been
instrumental in the spectacular increase in applications based on zinc oxide (ZnO) and
titanium oxide (TiO2) thin films [14].

Applications derived from metal-doped ZnO in optoelectronic devices include pho-
tovoltaic solar cells, flat panel displays, photodetectors, gas sensors, and light-emitting
diodes. Most previous works on doped ZnO films focus on doping with group III elements,
and in particular, trivalent cations of the elements Al, Ga, and I have frequently been used
to enhance the n-type conductivity of ZnO films [15,16].

Preparing doped material is also a competent method for regulating the surface states
of ZnO energy levels, which can be further advanced by changing the doping concentration
of semiconductor materials.

As one of the most interesting p-type magnetic doping materials, cobalt oxide nanos-
tructures are also recognized as attractive materials with broad applications in various
fields, such as doping, catalysts, solid-state sensors, and electrochemical devices [17].

The doping of impurities to create chemical and, in some cases, physical defects
in the crystal lattice that would act as the capture and recombination sites of exactions,
involves introducing transition metal (M) atoms as impurities in ZnO crystallites to tailor
the photocatalytic property [18].

Since the band gap energy of ZnO crystals is about 3.3 eV, ZnO can absorb UV rays
with wavelengths under 375 nm. Therefore, ZnO has been regarded as an excellent UV
shielding material, with broad UV absorption characteristics and photofastness compared
with other organic and inorganic UV shielding materials [19].

The absorbed UV rays excite the valence electrons to the conduction band. When
these photo-excited electrons and holes move to the particle surfaces where water and
oxygen molecules reside, highly active free radicals, such as superoxide anion (•O2) and
•OH radicals, are generated and undergo secondary reactions, such as the decomposition
of organic compounds [20].

Photocatalytic reactors come in various configurations, primarily classified by the
light source, shape, catalyst, stirring method, bed dynamics, and reactor type. Slurry and
immobilized/deposited reactors are two main categories based on the catalyst type. While
slurry reactors require secondary separation for catalyst recovery, immobilized reactors
offer advantages like increased light penetration and higher efficiency by preventing
catalyst agglomeration. To enhance performance, various substrates, such as glass, quartz,
alumina, ceramics, stainless steel, activated carbon, and zeolite, are used to support the
photocatalyst [21–25].

The deposition of photocatalyst particles on reactor substrates can limit the mass
transfer, affecting the overall efficiency. Spinning disc reactors (SDRs) have emerged as a
promising solution due to their versatility and ability to enhance the mass transfer and
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mixing. They have been successfully employed in various processes, including biodiesel
production, enzymatic reactions, nanoparticle synthesis, and the photocatalytic degradation
of pollutants. Recent studies have explored the potential of SDRs for degrading textile dyes,
pharmaceutical compounds, and antibiotics, offering a promising approach to overcome
the limitations associated with traditional photocatalytic reactors [26,27].

Spinning disc reactors (SDRs) enhance mixing and mass transfer through centrifugal
force. A key limitation in photocatalytic degradation is the reduced efficiency due to
insufficient light exposure of the catalyst. The farther the catalyst is from the light source,
the lower its activation and degradation efficiency. SDRs offer a solution by creating thin
liquid films and fine droplets, maximizing the light penetration to the catalyst surface. This
increased light exposure boosts photocatalytic activity, generates more free radicals, and
ultimately improves the overall degradation efficiency [28].

Biodisc rotary reactors (BRRs), a well-established technology in secondary wastewater
treatment, have been successfully adapted as photo-reactors. Through extensive test-
ing, this system has been optimized, which involved evaluating various catalyst support
materials. Clay discs proved to be the most efficient [28,29].

In addition, crucial operating variables have been tested, such as the rotation speed,
hydraulic residence time, changes in the type of light source (visible light range and UV
radiation), flow rate, initial contaminant concentration, pH, type of disc structure, and flow
rate, which has achieved superior performance [30].

These reactors, with batch treatment capacities of between 10 and 30 L, offer the
advantage of not requiring external aeration and feature a high contact area/volume
ratio, maximizing the process efficiency. Additionally, treatment is performed sequentially
thanks to bulkhead separation. Mass transfer limitations, which might otherwise arise, are
minimized by reducing the boundary layer to a minimum. This is achieved by means of
turbulent flow in the layer formed above the disk by adjusting the number of revolutions
applied [31,32].

2. Results

2.1. SEM Results

Figure 1 shows the characterization of the catalysts synthesized by the SEM technique.
In Figure 1A, a characteristic shape of undoped ZnO is observed, with a crystal shape with
an average size of 100 to 50 μm; a clean surface is observed. In Figure 1B, accumulations of
small particles are observed on the surface of the ZnO, which are attributed to the deposited
aluminum particles.

The results of the SEM characterization and EDS analysis (Figure 1D) show that the
Al3+ nanoparticles were indeed deposited on the surface of the zinc oxide. Although this
was not a quantitative test but rather a qualitative one, the EDS result was used to give a
percentage of 11% by weight of the doped material, and plasmons of this are shown in the
microfilms presented (Figure 1C).

2.2. X-Rays

The crystalline structure of zinc oxide (ICDD: 00-036-1451) was identified; see
Figure 2A. This sample presented diffraction peaks at −31.8, 34.5, 36.3, 47.6, 56.6, 62.9, 66.4,
67.9, 69.1, 72.6, 76.9, 81.4, 89.6, 92.8, 95.3, 98.6, 102.9, 104.2, 107.5, 110.4, 116.3, 121.6, 125.2,
and 133.9, which corresponded to the Miller indices (100), (002), (101), (102), (110), (103),
(200), (112), (201), (004), (202), (104), (203), (210), (211), (114), (212), (105), (204), (300), (213),
(302), (006), and (205) of zincite [33].
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(B)

(C)

Figure 1. (A) Undoped zinc oxide, (B) Al3+-doped zinc oxide, (C) close-up of the doped area, and
(D) EDS results of the Al3+-doped zinc oxide.

Figure 2. (A) X-ray diffraction patterns for ZnO, (B) X-ray patterns comparing undoped and doped
ZnO, and (C) weight percentage of each element observed by EDS analysis (ZnO-Al catalysts).
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Figure 2B compares the X-ray spectra of the undoped and aluminum-doped zinc oxide.
Only an increase in the intensities of the doped zinc oxide peaks was observed, and small,
almost imperceptible, shifts of the peaks, which may have been due to the presence of the
dopant in the zinc oxide, which was confirmed by the analysis of the energy-dispersed
X-ray studies (Figure 2C).

The elemental study of ZnO-Al was carried out by energy-dispersive X-ray spec-
troscopy (EDX). Figure 2C represents the EDX results; the peak observed at 8.63 keV repre-
sents Zn, while the peaks associated with 1.46 keV that represent Al in the EDS analysis
also confirm the presence of aluminum, which was impregnated in the zinc oxide matrix.

Aluminum was present at 4.1%, which is consistent with the mass concentration used
in the doping. This study confirmed the presence of aluminum.

2.3. Diffuse Reflectance

The optical band gap can be estimated using the following Tauc relationship [34]:

αhν = B(hν − Eg)n (1)

where B is a constant; Eg is the forbidden or optical bandwidth of the material; and n is
a number characterizing the nature of the electronic transition between the valence band
and conduction band, which can have values of 1/2, 2, 3/2, and 3 corresponding to direct
allowed, indirect allowed, direct forbidden, and indirect forbidden transitions, respectively.

It is well known that the direct transition through the forbidden band is feasible
between the valence band and the conduction band bordering the “k-space”. In the
transition process, the total energy and momentum of the electron–photon system must
be conserved.

It is known that ZnO is a direct band gap semiconductor, so from the above equation,
it is clear that the graph of (αhν)1/2 vs. hν will indicate a divergence at an energy value,
for example, where the transition occurs. The value of the forbidden band depends on the
nature of the transition (i.e., the n value) given.

The transition mode in these ZnO nanoparticles was confirmed to be direct. The
absorption coefficient near the band edge was also assumed to show an exponential
dependence on the photon energy, and this dependence is given as follows [35–41]:

α = α0 exp(hν/Eu) (2)

where α0 is a constant, and Eu is the Urbach energy interpreted as the width of the tails of
the localized states associated with the amorphous state in the forbidden gap.

The estimated band gap from the plot of (αhν)1/2 versus hν for the Al-doped ZnO
particles can be seen in Figure 3. The band gap (“Eg”) was determined by extrapolating
the straight portion to the energy axis at α = 0. The linear part shows that the transition
mode in these particles was direct. The estimated band gap value of the Al+-doped ZnO
was 3.08 eV. The band gap value was smaller than that of undoped ZnO of 3.25 eV [36];
this might have been due to the strain arising from the chemical synthesis of the Al doped
ZnO. These microstrains greatly influenced the optical band gap of the material [36].
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Figure 3. Plots showing (αhν)1/2 vs. hν for band gap determination of ZnO and ZnO-Al material.

2.4. Raman Spectroscopy

Figure 4 shows the Raman spectrum of undoped (red) and doped (blue line) ZnO. The
first shows the characteristic peaks of zinc oxide. In this case, the zinc oxide was obtained
from its hexagonal phase (wursite), and its structure belonged to the C3V symmetry group,
in which the following vibration modes existed, as determined by group theory:

Γ = A1 + 2B1 + E1 + 2E2 (3)

Figure 4. Raman spectrum of undoped ZnO and Al3+-doped ZnO.

The modes A1, E1, and E2 (E2 (low), E2 (high)) are Raman active modes. The symmet-
rical modes A1 and E1 are Raman and infrared active modes, E2 is only Raman active and
B1 is a forbidden mode for both Raman and infrared. The polar characteristics of the A1
and E1 vibration modes lead to longitudinal and transverse components designated as A1
(TO), A1 (LO), E1 (TO), and E1 (LO).

Zinc oxide (ZnO) exhibits a distinctive peak in the Raman spectrum at 446 cm−1,
which disappears upon doping with Al3+. In contrast, the Raman spectrum of Al3+-doped
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ZnO exhibited an increase in the intensity of the characteristic peaks at 580 cm−1 (LO),
986 cm−1 (E1), and 1102 cm−1 (E2). An average increase of 6 intensity units was observed
for these peaks, as well as for the E1 peak at 1153 cm−1 (2LO); suggesting that the presence
of aluminum on the zinc oxide surface could be the cause of these variations.

The peak at 437 cm−1 is characteristic of the hexagonal phase, while the peak located
at 582 cm−1 was attributed to the E1 (LO) mode. The latter is generally thought to be
related to structural defects (oxygen vacancies, interstitial zinc, free carriers, etc.) in ZnO.
The intense presence of the E2 (high) mode and the suppression of the E1 (LO) mode in the
Raman spectrum indicate that the ZnO nanostructures obtained in this work were highly
crystalline with a hexagonal phase and that the density of the surface defects was minimal.

2.5. Uv–Vis and HPLC Results

The UV–vis results are shown in Figure 5, which shows the characteristic peaks
of pyridine at an initial time, with peaks at 256 and 250 nm. Pyridine is a heterocyclic
compound that presents several electronic transitions, which are combinations of the π-
π* and η-Π* transitions, to which these characteristic peaks are attributed [37–44]. The
maximum peak decreased as the degradation time passed; in this case, the total exposure
time was 72 h.

Figure 5. UV–vis spectra of pyridine with an initial concentration of 60 ppm and 72 h of reaction
using 15-watt artificial natural light lamps, a rotation speed of 55 rpm, and ZnO-Al as a catalyst.

During the first hours, the percentage of degradation between each 6 h was approxi-
mately 39%. For the final times (48 to 72 h), this percentage was drastically reduced to 20%,
with a photo-degradation percentage of 62% after 72 h.

Figure 6 shows how the different initial concentrations used decreased over time. In
the cases of 60 and 80 ppm, after 24 h, sufficient hydroxyl radicals were produced to attack
the molecule. After 18 h in the case of the reaction, a 32% decrease was noted, and as time
progressed up to 72 h, this decrease was constant but more minor. This may have been due
to the increase in the intermediate compounds that were less susceptible to photo-oxidation.
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Figure 6. Graph of concentration vs. degradation time of pyridine during 72 h of reaction using
15-watt natural light lamps, a rotation speed of 55 rpm, and ZnO-Al as a catalyst.

Figure 7 shows the percentage degradation values determined using Equation (4):

% conversion = (1 − Cf/Ci) × 100 (4)

where Cf—final concentration and Ci—initial concentration

Figure 7. Degradation percentages against initial concentration over a period of 72 h using ZnO-Al
with a rotation speed of 55 rpm and natural light lamps.

Figure 7 shows that at low concentrations, the efficiencies were, on average, the same
at 40%, which could have been because when the concentration of the organic compound
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was low, the intermediate compounds were more abundant and more complex and could
compete with the main molecule to be oxidized. Meanwhile, at high concentrations (60
and 80 ppm), the pyridine molecule was easily oxidized by the hydroxyl radicals formed,
which monopolized most of it considering that natural lights were used.

2.6. Kinetic Analysis

This indicated that the photocatalytic oxidation reactions followed Langmuir–
Hinshelwood-type kinetics [9,38–41], as follows:

−ra = −dC
dt

=
K1C

1 + K2C + ∑ KiCi
(5)

where K1C represents the kinetic term of the rate equation, K2C represents the adsorption
term of the reactant, and ∑(Ki Ci) represents the adsorption term of all the intermediate
products of the degradation reaction of organic compounds.

If the experimental data are analyzed for very short reaction times, the adsorption
term of the intermediate products can be neglected.

Based on the above, it can be shown that the following equation can represent the
general kinetic form:

ra = −dC
dt

=
K1Cm

1 + K2Cn (6)

If the exponents m and n have a value of 1, the constants K1 and K2 can be determined
directly from the graph of the reaction rate versus the concentration.

Equation (6) can be linearized in the manner recommended by Fogler [42] and
Moctezuma [9] using the following initial conditions: t = 0, C = C0, and reaction rate,
where the following equations are obtained:

ra|t=0 =
K1C0

1 + K2C0
(7)

1
−ra|t=0

=
1 + K2C0

K1C0
=

1
K1C0

=
K2C0

K1C0
(8)

1
−ra|t=0

=
1

K1C0
+

K2

K1
(9)

Equation (9)’s behavior is represented in Figure 8, where the ordinate at the origin is
K2/K1, and the slope is given by 1/K1.

−rAC = −dCAC

dt
=

K1CAC

1 + K2CAC
(10)

From the values obtained in Figure 8, we have the values of the constants, and
therefore, the previous equation is expressed as follows:

−rAC =
0.0069 × CAC

1 + 0.0179 × CAC
(11)

The values of the reaction constants K1 = 0.0069 h−1 is low if we compare them with
the results presented by Elisa [42], but the system was a 300 mL reactor and the catalyst
was only zinc oxide, where pyridine was degraded using UV lamps, and the absorption
constant K2 = 0.0179 L/mg was slightly lower than the results presented by this author.
But the absorption of pyridine is favorable in this system. Therefore, it can be said that the
compound had a good affinity for the ZnO surface, which facilitated a closer contact with
the hydroxyl radicals formed and allowed for a better photodegradation of the compound.
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Figure 8. Graph of 1/ro vs. 1/Co to obtain the K1 and K2 values of the LH-HW model.

Figure 9 shows the behavior of the LH-HW model of experimental data and the model.
The data are observed to have a behavior similar to the model.

Figure 9. Initial reaction rate as a function of the initial concentration (72 h of reaction using 15-watt
natural light lamps, a rotation speed of 55 rpm, and ZnO-Al as a catalyst).

2.7. Proposed Reaction Mechanism

The proposed mechanism for pyridine follows the formation pathway of 2-hydroxy
pyridine until the double bonds are weakened and the ring cycle of this compound is
broken. It can be assumed that carboxylic acids and other acids are formed.

The experimental results show the formation of 2-hydroxypyridine in the first instance.
The inspection of the charged resonance forms suggested that the electron density on the
alpha and gamma carbon atoms was especially low; consequently, a beta substitution was
expected, also because this position was the only one in which the transition state in the
substitution did not have a resonance form with a charge on the trivalent nitrogen.

Once 2-hydroxy pyridine is formed, it can lead to the formation of 2,3-dihydropyridine,
but according to the results of the gas mass study, 2,6-dihydropyridine was formed. This
weakens the benzene ring, leading to the weakening of the carbon–nitrogen bond, thus
forming the monoamine of 3-pentanoic acid or 3-amino pentanoic acid.

106



Catalysts 2025, 15, 437

Many agree that the next step is the formation of succinic acid or, where appropriate,
glutamic acid before it breaks down into carboxylic acid compounds or other derivatives.

Subsequently, the formations of the compound’s acetic acid, butyl ester, and 2-butoxy
ethanol were observed.

The proposed mechanism is shown in Figure 10, supported by the gas mass analyses.

Figure 10. Proposed reaction mechanism for the degradation of pyridine in a rotating photonic
reactor in a reaction time of 72 h using 15-watt natural light lamps, a rotation speed of 55 rpm, and
ZnO-Al as a catalyst.

3. Methodology

3.1. Reagents and Chemicals

Aldrich brand Al2O3 oxide with 99.9% purity and Aldrich brand ZnO were used. For
the pH adjustment, Aldrich brand pyridine, sulfuric acid, and sodium hydroxide solutions
were used (Aldrich: St. Louis, MO, USA).

3.2. Analytical Methods
3.2.1. Rotating Photo-Disk Reactor (RPR)

For the degradation of pyridine, a rotating photo-disk reactor (RPR) was used, which
consisted of 4 stages with 2 disks each. The RPR had a total capacity of 14.8 L and, for each
stage, a capacity of 3.7 L; it had a tubular structure support that was 0.58 m wide by 1 m
high and 1.35 m long. Each stage had an exit at the bottom of the reactor for sampling.

107



Catalysts 2025, 15, 437

The RPR was a semi-cylindrical fiberglass tub with a height of 0.31 m and a radius
of 0.17 m. Inside the tub, three fiberglass bulkheads divided the reactor into separate
stages. The reactor cover was made of stainless steel and measured 0.30 m wide by 0.60 m
long. Mounted on the cover were three 15-watt artificial visible light lamps strategically
positioned to illuminate each stage, as illustrated in Figure 11.

Figure 11. Schematic of the rotating photo-disk reactor (RPR).

The RPR disks were moved by a series of pulleys connected to a stainless-steel shaft,
which achieved a speed of 55 rpm. This system worked with a Dayton brand motor of
1/8 hp, 115 W, with a capacity of 1075 rpm and 1.9 amps.

The reactor disks, which had a diameter of 0.23 m and a thickness of 0.008 m, were
impregnated with zinc oxide and doped with Al3+ metallic nanoparticles. The reactor
characteristics are summarized in Table 1.

Table 1. Characteristics of the rotating photo-disk reactor (RPR).

Reactor Characteristic Value

Number of stages 4

Number of disks per stage 2

Disk diameter 0.23 m

Disk thickness 0.008 m

Total area of undoped disks 0.66476 m2

Total area of doped disks 329.7209 m2

Area per stage 41.21512 m2

Total reactor volume 14.8 L

3.2.2. Doping Process

Clay discs with a diameter of 0.23 m and a thickness of 0.008 m were used. As a first
step, the discs were placed in a muffle furnace that had reached 550 ◦C to eliminate the
organic matter residue.

The discs were impregnated with a solution of distilled water and zinc oxide. They
were then calcined in a muffle furnace at 550 ◦C for one hour to improve the catalyst’s
adhesion to the clay surface.

The photo-deposition technique was used for the ZnO doping using hydrated alu-
minum sulfate. A 15 L solution was prepared with a concentration of 300 ppm of Al3+. The
disks were mounted on the reactor shaft, UV light lamps with a wavelength of 365 nm and
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15 watts of power were turned on and allowed to irradiate for 4 h to photo-dope the disks
with Al3+ particles, and then the disks were placed in the muffle at 550 ◦C for 1 h [43,44].

3.3. Catalyst Characterization Tests
3.3.1. SEM Tests

Scanning electron microscopy (SEM) is a technique by which it is possible to conclude
whether the synthesis of the catalyst and the doping agent has been successful [45]. A JEOL
7600F electron microscope (Akishima, Japan), which was of Japanese origin and operated
at 10 kV, was used for this. The samples were analyzed at the Autonomous University
of Mexico, Mexico City. The elemental composition was determined utilizing the Oxford
INCA X EDX bench, (Oxford Instruments, Abingdon, Oxfordshire, UK) using the JEOL
7600F operated at 10 kV, and the samples were prepared on carbon tape.

This analysis provided information on the sample’s composition by providing the
percentages of the ZnO catalyst on the support and the presence of aluminum metal ions.

3.3.2. Diffuse Reflectance

To estimate the forbidden band width (Eg), the catalyst was analyzed utilizing a
Thermo Scientific Evolution 600 UV spectroscope (Waltham, MA, USA) of USA origin
equipped with an ISR-2200 integrating sphere. First, a magnesium oxide blank was an-
alyzed, and then the samples were analyzed in the 200 to 800 nm range. These analyses
were developed at the Autonomous University of San Luis Potosi, San Luis Potosi, Mexico.

3.3.3. X-Rays

The photocatalyst was characterized by X-ray diffraction (XDR) to determine the
chemical phases and crystallographic properties of the synthesized material [35]; it was
carried out using a Bruker D8 advanced X-ray diffractometer made in Karlsruhe, Germany
with a 1.54 A copper tube (35 kV, 25 mA) as an X-ray source. The scanning was carried out
between 10◦ and 70◦ (2 theta) with a step size of 0.03◦/s. These analyses were developed at
the Metropolitan Autonomous University, Iztapalapa, Mexico City.

To determine the synthesized material’s chemical phases and crystallographic proper-
ties [46], in most processes, the effective use of nanocatalysts depends on the particle size
and ease of manipulation. Therefore, it is of vital importance to characterize them using
effective methods at low cost [47].

3.3.4. Raman

Raman microscopy characterized the chemical structure of the undoped and doped
zinc oxide. This process was carried out on equipment that used a 785 nm laser and a
QE65000 Raman detector from Ocean Optics (Dunedin, FL, USA). This equipment was
a homemade assembly in the engineering laboratory of the Autonomous University of
Carmen. A 785 nm infrared laser with a laser power of 75 mW was used for undoped ZnO
oxide, but for doped ZnO, a laser power of 25 mW was used.

3.4. Preparation of Pyridine Solutions

Pyridine stock solutions with 1000 ppm were prepared, and from these, different
dissolutions were made with concentrations of 10, 20, 30, 40, 60, and 80 ppm, where 14.8 L
that was the total operating capacity of the photo-reactor for each concentration handled.
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The following equation (Equation (12)) was used to find the relationship and prepare
the solutions (10, 20, 30, 40, 60, and 80 ppm) of pyridine:

C1V1 = C2V2 (12)

where C—concentration and V—volume.

3.5. Degradation Tests

The degradation of pyridine was carried out for 72 h, with samples taken continuously
every 6 h; an approximately 5 mL aliquot was taken in clean, dry, and labeled amber vials
for later analysis using UV–vis Carry 60 spectrometer (Agilent, Santa Clara, CA, USA) and
high-performance liquid chromatography (HPLC).

Initially, a pyridine sample was scanned to identify the maximum absorption peak
and wavelength. Scans were performed on each sample taken from a wavelength of 200 to
500 nm. Likewise, HPLC was used to analyze each sample.

3.6. Gas Masses

Gas chromatography–mass spectroscopy (GC-MS) is a technique that combines the
separation capacity of gas chromatography with the sensitivity and selective capacity
of a mass detector. This combination allows for the analysis and quantification of trace
compounds in complex mixtures with high effectiveness.

This technique is used for the separation of volatile and semi-volatile organic com-
pounds. It consists of vaporizing the sample and injecting it into a capillary chromato-
graphic column.

Elution occurs by the flow of a mobile phase of an inert gas that transports the analytes
through the column. The analytes are retained reversibly because of a physical adsorption
process. The separated components are eluted from the column and recorded by an MS
detector, which obtains a mass spectrum that represents the abundance of different types
of ions based on the mass/charge ratio.

The use of GC-MS is restricted to separating compounds with a molecular weight of
less than 1000 and a maximum working temperature of about 400 ◦C.

For this technique, an Agilent 6890N Network GC System gas chromatograph with
an Agilent 5973 MSD mass detector (quadrupole) made in the Santa Clara, CA, USA, a
DB5-MS column (30 m × 0.25 mm × 0.25 μm), and a split/splitless purge and trap injector
(Teledyne Tekmar, Mason, OH, USA) were used. The experiments were carried out at the
Faculty of Chemistry of the Autonomous University of Carmen, Mexico.

For this, a temperature ramp that increased by 10 ◦C every minute until it reached
250 ◦C was used. This temperature was maintained for 3 min, and then an increase of 10 ◦C
was managed until it reached 355 ◦C and was maintained for 10 min. The ACQ method
CIQ was used, which has already been established.

4. Conclusions

The doping of zinc oxide with aluminum (Al3+) significantly modified its electronic
properties, as demonstrated by a decreased band gap from 3.25 eV to 3.08 eV. The EDS
and X-ray analyses corroborated the incorporation of the dopant in a proportion of 4.1%
by weight. This structural modification, induced by doping, improved the capacity of the
material to absorb visible light and, therefore, increased its photocatalytic activity under
natural light illumination conditions. On the other hand, this catalyst was suitable for
pyridine degradation, which achieved degradations of up to 61.8% for high concentrations
and 48.6% for low concentrations, which we concluded was due to the affinity of pyridine
for the catalyst surface due to the presence of aluminum.
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What was also observed in the values of the determined reaction constants was that
the value of the absorption constant (K2 was 0.0179) was much greater than that of the
reaction constant (K1 of 0.0069), confirming this observed behavior.

According to these results, the degradation kinetic constants followed pseudo-first-
order kinetics, which fit perfectly with the LH-HW model for photocatalytic degradation.

The proposed mechanism was based on the formation of hydroxylated compounds,
where hydroxyl radicals attack the pyridine ring in the ortho, meta, and para positions
for the subsequent rupture of the pyridine ring and the formation of various species until
reaching carboxylic acids, carbon monoxide, and water.

The aluminum-doped zinc oxide exhibited photocatalytic activity under natural light
and achieved pyridine degradation within 72 h. The experiments were carried out in
a rotating photo-disk reactor, where the catalyst was immobilized on clay disks. This
system, with a working volume of 14.8 L and a contact area of 329.7 m2, was adequate for
contaminant degradation.
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Abstract: The modular photoelectrochemical (PEC) reactor accommodating eight photoelectrodes
with a total active area of up to 46 cm2 has been designed and manufactured using the fused
deposition modeling method. The device was equipped with an electrolyte flow system, a relay
module for the photoelectrode connection, and a feedback-loop module for switching between
counter electrodes. The performance and durability of the system were tested within three case
study experiments. The water splitting process was successfully combined with an in situ hydrogen
storage in the form of metal hydride phases (confirmed by powder X-ray diffraction) using Fe2O3-
or WO3-based photoanodes and LaNi5-based cathodes. The PEC water oxidation at the anodes
was realized either in a strongly alkaline electrolyte (pH > 13.5) or in acidified synthetic seawater
(pH < 2) for Fe2O3 and WO3 electrodes, respectively. In the latter case, the photoresponse of the
anodes decreased the cell charging voltage by 1.7 V at the current density of 60 mA·g−1. When the
seawater was used as an anolyte, the oxygen evolution reaction was accompanied by the chlorine
evolution reaction. The manufactured PEC-metal hydride reactor revealed mechanical and chemical
stability during a prolonged operation over 300 h and in the broad range of pH values.

Keywords: PEC reactor; 3D-printing; photoelectrochemical water splitting; Fe2O3; WO3; metal
hydride; hydrogen storage; solar battery; chlorine evolution

1. Introduction

Solar radiation is a virtually inexhaustible source of energy with 120 PW of light power
constantly crossing the Earth’s atmosphere [1]. However, the amount of available solar
energy is governed by seasonal and hourly sunlight fluctuations, often incompatible with
the highest energy demand periods. Consequently, temporal storage of the harvested
energy, e.g., in the form of chemical bonds, and its subsequent release on-demand are
required to fully exploit the potential of solar energy. The storage can be based on the
formation of stable fuel, for instance, hydrogen, that can be later reused, e.g., in fuel cells
for electricity generation. One of the promising solar-to-chemical energy conversion routes
is based on photoelectrochemical (PEC) water splitting, in which a hydrogen evolution
reaction (HER) and an oxygen evolution reaction (OER) take place at the cathode and
anode, respectively, and at least one of these electrodes is photoactive. Although the state-
of-the-art efficiency of the photoelectrolysis of water is below 10% (without additional bias
from photovoltaic/dye-sensitized cells), it could replace the more complex PV-electrolyzer
unit, which often requires the use of noble metal HER and OER catalysts, as well as other
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power control devices like inverters [2,3]. Nevertheless, to store and reuse produced
hydrogen, both systems must be coupled with external units, e.g., gas cylinders with
compressors, and fuel cells. These additional components can, in principle, be avoided
when a standard cathode in a PEC cell is replaced by a hydride-forming material that
functions as a hydrogen-evolving/storing electrode [4]. This can be a single element like
Pd or Zr [5–7] or an intermetallic compound like LaNi5 [8,9]. Hydrogen is reversibly
introduced into the crystal structure of cathode material in an electrochemical manner, and
it can be released in the same way (in the PEC cell) or through thermal desorption (outside
the PEC cell) [4]. The working principle of such a PEC-metal hydride (MH) hybrid system,
when equipped with an additional counter electrode (CE) for the discharge process, can be
considered a photo-assisted rechargeable battery [10,11].

In the first approach, the PEC-MH device can be designed as a standard PEC cell
operating with photoanodes, in which the cathode/counter electrode is replaced with a
hydride-forming electrode [4]. For the operation of photoelectrodes, at least one face of
the cell must be transparent, or a photoelectrode port should be provided. The reactor
should consist of individual anodic and cathodic compartments separated by a porous
diaphragm or an ion-exchange membrane (IEM) to minimize the crossover of evolved gases,
an additional counter electrode (for electrochemical discharge) or a straightforward system
for an introduction/removal of the cathode (for thermal discharge), a degassing option in
at least the anodic compartment, and an electrolyte feeding system. Moreover, an efficient
charging rate of the MH-based cathode requires a minimum electric current provided by
the photoactive anode. Taking into account typical values of current densities needed
for charging electrodes based on different hydride-forming compounds [12], photoactive
areas larger (i.e., �1 cm2) than those usually used in lab-scale investigations may be
required. Consequently, scaling up the whole reactor may be considered. The number of
reported large PEC reactors is, however, rather low. A. Mendes et al. provided important
contributions to the field by designing and investigating PEC reactors called Porto cell and
CoolPEC [13–15]. The devices were characterized by a modular design and equipped with
photoelectrodes with an active area of 20–100 cm2. The CoolPEC reactor revealed a stable
operation over 42 days with a single photoelectrode having an active area of 50 cm2. The
authors stressed two detrimental effects in the operation of such large photoelectrodes: (i)
notable ohmic losses caused by the resistance of the transparent conducting oxide (TCO)
substrate layer, and (ii) an increased recombination rate within the photoactive material
(in that case, Fe2O3). To address these challenges, they proposed a modified version of the
reactor, in which a single large photoelectrode was replaced by eight smaller ones with a
total active area of about 28 cm2. As prompted by the simulation of electric potential and
current vectors, they introduced internal separators that minimize overpotential losses and
parasitic ionic paths. The multi-electrode approach allowed not only for the minimization
of problems reported for a previous setup version but also increased the efficiency of
the whole cell due to the higher homogeneity of the smaller electrodes. A similar-sized
reactor (the BiVO4 photoanode with an active area of 64 cm2) coupled with a Si PV cell
was proposed in the ArtipHyction project [16,17]. The authors recognized the problem
of efficiency reduction (down to 33% of the initial value) during the long-term operation
(about 1000 h) due to mass transfer limitations and bubble formation at the photoanode. To
minimize the latter, the cell was equipped with separators that formed parallel channels.
The follow-up simulation study discussed the pros and cons of this modified design [18].
Another example of a larger reactor (active area of 50 cm2) was reported by Becker et al. [19].
The cell body was made of poly(methyl methacrylate) (PMMA) and accommodated circular
electrodes/windows as well as a compartment separator. The results of the study supported
the conclusions from [18] that modular design provides a straightforward assembly and
flexibility necessary for system optimization (e.g., an interelectrode distance, a type of
intercompartment separator, etc.).

The manufacturing of compartments/bodies in the standard electrochemical and
PEC reactors made of polymers (including already presented examples) usually follows
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two steps: (i) the injection molding or extrusion of a simple polymer block, and (ii) the
fabrication of details (windows, ports, threads, and grooves) using subtractive manufac-
turing methods (e.g., milling, turning, and grinding). The commonly utilized materials
include PMMA, polytetrafluoroethylene (PTFE), polycarbonate (PC), or polyether ether
ketone (PEEK). Such a fabrication route is highly robust and used routinely in industry;
however, it might not be suitable for fabricating complex details (e.g., internal flow chan-
nels). In the previous decade, additive manufacturing methods, also known as 3D printing,
emerged as an interesting alternative for producing not only early-stage prototypes but
also specialized end products [20]. Among several polymer-based 3D printing techniques,
fused deposition modeling (FDM) is the most common. During operation, a thermoplastic
filament is extruded through the heated nozzle onto a build plate. The pre-programmed
movement of the nozzle and build plate in X/Y− and Z−directions, respectively, results in
the fabrication of the object in a layer-by-layer manner. Although the printing resolution
of FDM is limited to ~250 μm, there is a broad selection of compatible polymer filaments
(including electrically conductive ones), and FDM desktop printers are nowadays readily
available. Reported examples of 3D-printed PEC cells or their components include sim-
ple open cells with electrodes fully immersed in the electrolyte [21–23] as well as small
modular reactors [24,25]. Their designs were adjusted to the investigated photoelectrodes
and sometimes equipped with additional ports for electric contacts, electrolyte circulation,
or gas collection. Nevertheless, none of the reported reactors has reached the size and
complexity of demonstrators fabricated with traditional subtractive manufacturing.

In this work, we designed a photoelectrochemical reactor accommodating eight photo-
electrodes with up to 46 cm2 in total active area and operating under the flow of water-based
electrolytes. The reactor was manufactured by the FDM technique, followed by neces-
sary post-processing. The constructed system was used in several (photo)electrochemical
experiments (presented as three case studies). This report demonstrates that additive man-
ufacturing can be successfully utilized for producing fully functional and flexible scaled-up
reactors. The presented results provide a proof-of-concept example of the PEC-MH hybrid
device with LaNi5-based hydrogen-storage cathodes, supplemented by simultaneous sea-
water splitting. The manufactured system can be utilized for various photocatalytic and
photoelectrochemical reactions and processes.

2. Results and Discussion

2.1. Case Study 1—PEC Water Splitting Coupled with MH-Based Hydrogen Storage in
Alkaline Electrolyte

The concept of combining PEC water splitting with the in situ storage of gener-
ated hydrogen by hydride-forming intermetallic compound was thoroughly discussed by
Lin et al. [4]. When such a device operates in an aqueous solution, water oxidation takes
place at the anode, whereas water reduction at the cathode is completed by the formation of
a hydride phase. The hydrogen absorption is reversible and thus allows for the recovery of
stored hydrogen, in either thermal or electrochemical way. The combination of a PEC sys-
tem with an MH-forming cathode extends the functionality of the former so that it follows
the concept of a solar battery. The photocurrent generated by photoelectrode contributes to
the charging current and effectively decreases the absolute value of the applied potential
required for charging. For these experiments, Fe2O3 photoanodes and the LaNi5-based
cathodes were chosen and operated in strongly alkaline electrolytes.

The performance of the Fe2O3 photoelectrodes was studied by linear sweep voltam-
metry (LSV). The scans were measured for each electrode separately and for all of them
connected electrically in parallel (bold line in Figure 1b–d and Figure S2 in Supplementary
Materials). Photocurrents generated by individual photoanodes (during constant illumi-
nation) did not exceed 1.3 mA in the analyzed potential range. Recombination spikes
were visible below 1.4 V vs. RHE during chopped illumination. The observed values of
photocurrent densities were much lower [at least three times at 1.5 V vs. RHE for the
C3 sample (Figure S2), taking into account lower light power used in this study] than
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those reported for analogous but smaller Ti-doped Fe2O3 electrodes [26], which indicates
the problem with the scaling-up process and homogeneity of the samples. Interestingly,
the photocurrent generated by the combination of eight electrodes was around 0.97 mA
at 1.23 V vs. RHE, approximately 33% of the sum of photocurrents measured individ-
ually for each photoanode (2.92 mA). These discrepancies were decreasing along with
the applied potential, i.e., 2.8 mA was observed at 1.5 V, which was 95% of the sum of
individual photocurrents. Large losses at low potentials were observed previously in
the multi-electrode system with one electrode shaded [15], and they were analogous to
mismatch losses between different solar cells connected in parallel or series [27]. In such
cases, the worst-performing electrode (i.e., the one generating the lowest photocurrent)
limits the overall photocurrent of the combination of electrodes. The presented variation in
photocurrents for the individual electrodes (Figure 1b) comes not only from differences in
the PEC efficiency but also from the high spatial inhomogeneity of incoming light. These
two factors must be improved to generate a higher overall photocurrent. To exclude the
effect of light variation, a comparison of photocurrent density normalized by light power
density can be made (Figure 1c). There are clearly two groups of electrodes—the one
(electrodes C2–C4) with higher and the second (electrodes C1, C5, C6, and C8) with lower
photoresponse. A similar trend was observed during measurements in a standard lab
cell with constant power of light, and, thus, the influence of light power on electrode
photoactivity plays a minor role in this case. The above-discussed phenomena and a high
onset potential for the Fe2O3 electrodes (>900 mV) resulted in negligibly low applied bias
photon-to-current efficiency (ABPE, three-electrode system).

The photo-assisted charging of hydride-forming cathodes (LaNi4.7Al0.3 and LaNi4.3
Co0.4Al0.3) vs. eight Fe2O3 photoanodes and dark discharging vs. Ni-helix electrode
are presented in Figure 2. The average light power illuminating the reactor was in the
range of 50–54.5 mW·cm−2. To highlight the effect of generated photocurrents on the
charging potential, the modulated illumination (ON/OFF every 15 min) was applied to
photoelectrodes. The protocol of charging/discharging (C/D) experiments comprised
(i) a single C/D cycle at the current density of 60 mA·g−1 up to a 60% state of charge
(SoC), (ii) a single C/D cycle at 60 mA·g−1 up to a 90% SoC, and (iii) ten C/D cycles
at 200 mA·g−1 up to a 90% SoC. Such a sequence was found to be optimal for reaching
a high and stable specific capacity of the cathodes. Values of specific current densities
were chosen based on the peak current value determined for the hydride formation by
chronovoltammetry scans (CV, Figure S3) and previous literature reports. Steps (i) and (ii)
of the experimental protocol are magnified in Figure 2c,d. The dark cell voltage required to
charge cathodes at the current density of 60 mA·g−1 varied between −1.82 to −1.77 V and
−1.85 to −1.78 V for LaNi4.7Al0.3 and LaNi4.3Co0.4Al0.3, respectively. The higher absolute
values, as expected from CV measurements, were required for charging at 200 mA·g−1:
−2.08 to −2.01 V and −2.08 to 2.00 V, respectively. These numbers are comparable for both
electrodes. The cathode potential was between −0.05 and −0.01 V vs. RHE for 60 mA·g−1

and between −0.09 and −0.16 V vs. RHE for 200 mA·g−1. When photoanodes were
irradiated, the charging potential increased (its absolute value decreased) by 70–80 mV
at 60 mA·g−1 for both samples. After increasing the current density to 200 mA·g−1, the
changes in potential dropped to 20–35 mV. The dark potential of CE vs. RHE (calculated
as the difference between EWE-CE and EWE-RHE) was approx. 1.7–1.8 V and 1.9 V for
60 mA·g−1 and 200 mA·g−1, respectively, which was higher than the dark current onset
potential for Fe2O3 photoanodes (Figure S4). The small changes in the cell voltage upon
illumination indicated that the water oxidation reaction at the photoanodes was driven
mainly by the dark current. Increasing the specific current density (i.e., magnitude of
current flowing in the system) forces photoelectrodes to operate under conditions in
which their photoresponse plays a minor role. Photo-induced changes in cell potential for
particular current density values remained unchanged in the subsequent charging steps,
indicating a stable photoanode operation over a prolonged period.
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Figure 1. Linear sweep voltammetry (LSV, scan rate: 10 mV·s−1) experiments with Fe2O3 photoan-
odes, conducted in 1M NaOH under the illumination of a solar simulator: (a) Power density of
simulated solar light for each photoelectrode. Electrodes are highlighted with bold lines and labels.
The power density was measured at three points per electrode, and, then, the average value was
taken for further analysis. (b) The photocurrent for individual Fe2O3 electrodes and all together
connected in parallel (bold line). Measurements were collected under constant and modulated
illumination. Reference electrode (RE): Hg/HgO; Counter electrode (CE): Ni-helix. (c) Photocurrent
density normalized by light power density. (d) Applied bias photon-to-current efficiency (ABPE)
derived from data in (b).

The specific discharge capacity derived from discharge time is presented in Figure 3.
Capacity for both samples reached saturation after 2–3 cycles at 200 mA·g−1 with the values
of 160 and 190 mAh·g−1 for LaNi4.7Al0.3 and LaNi4.3Co0.4Al0.3, respectively. In general,
determined capacities fall into the range of values reported in the literature for analo-
gous active materials [28–31]. However, it is difficult to directly compare measurements
performed in small laboratory cells (usually with Ar purging and the more concentrated
KOH electrolyte) with our experiments conducted in a scaled-up reactor due to different
compositions of the cathode mixture, a larger distance between the WE and the CE or the
two-electrode mode of operation, to mention just a few reasons.
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Figure 2. Photo-assisted charging/discharging (C/D) experiments of (a,c) LaNi4.7Al0.3 and (b,d)
LaNi4.3Co0.4Al0.3 cathodes. The absolute values of charging/discharging currents and potential
changes upon illumination are given in red.

 

Figure 3. Specific discharge capacities for LaNi5-based cathodes derived from C/D measurements.
The discharge current densities are given in red.

To directly prove the formation of metal hydrides and, thus, hydrogen sorption by
the studied cathodes, C/D experiments with an analogous protocol were performed in a
small laboratory cell (with the three-electrode setup) using cathodes with a larger powder
mixture (300 mg). After the last charging cycle, the powders were extracted from the
cathodes and analyzed by powder X-ray diffraction (PXRD). The results of the Rietveld
refinements for the collected diffraction patterns are presented in Figure 4 with calculated
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values of unit-cell parameters given in Table S1. The collected data clearly indicated the
presence of characteristic Bragg reflections associated with the formation of the pristine
LaNi5-based intermetallic phases (space group P6/mmm). However, the occurrence of
the second set of diffraction peaks, shifted towards lower 2θ angles, was also apparent
and indicated the formation of the second phase with the same hexagonal symmetry but
increased unit-cell volume. The sample phase analysis confirmed that the latter was associ-
ated with the formation of the hydrogenated LaNi5-based compound. After electrochemical
charging (hydrogenation), the unit-cell volumes increased to 13.59(1) Å3 and 10.82(1) Å3 for
LaNi4.7Al0.3 and LaNi4.3Co0.4Al0.3, respectively, which correspond to the following chem-
ical compositions of hydride phases: LaNi4.7Al0.3H4.218(3) and LaNi4.3Co0.4Al0.3H3.371(3).
Hydrogen concentrations were derived from the estimated volume expansion of 3.21 Å per
hydrogen atom in the LaNi5-based hydrides [32].

  

Figure 4. Experimental (dot), calculated (red line), and differential (black line) profiles from Rietveld
refinement of electrochemically charged LaNi4.7Al0.3 (a) and LaNi4.3Co0.4Al0.3 (b) samples. Bragg
peaks indicated with * appeared after C/D experiment (see Figure S5) in both samples but could not
be indexed with any well-known secondary phase.

2.2. Case Study 2—PEC (Sea)Water Splitting

Performing water splitting in seawater attracts more and more attention because of
the naturally large abundance and low cost of this electrolyte [33]. From the (photo)anode
perspective, the utilization of seawater may introduce a chlorine evolution reaction (ClER,
E◦ = 1.36 V [34]) taking place alongside the oxygen evolution reaction (E◦ = 1.23 V). De-
pending on the current density range, either the ClER or OER dominates the electrode reac-
tion [35,36]. Moreover, dissolved chlorine undergoes disproportionation (E◦ = 1.59 V [34]),
or chloride ions may hydrolyze (E◦ = 1.49 V [34]), leading to the formation of hypochlorite
HClO acid and further acidification of the solution. Although OER reveals the lowest stan-
dard potential among the other mentioned reactions, the chlorine-involving ones require
lower overpotentials because of their two-electron character (OER is the four-electron pro-
cess). As suggested by Jadwiszczak et al. [5], such a chlorine-containing solution could be
reused as a disinfecting agent, which would be a supplementary benefit of water splitting
in addition to hydrogen generation. Case study 2 comprises short LSV (three-electrode
setup) and prolonged chronoamperometry (CA, two-electrode setup) measurements using
eight WO3 photoanodes as the working electrode, steel foil as the counter electrode (CE),
and Ag/AgCl (sat. KCl) as the reference electrode (RE). The experiments were performed
in acidified synthetic seawater (pH < 2) in both compartments separated by Nafion 117
membrane. A pH below four is required for the stable operation of the WO3 electrodes [37].

WO3 electrodes revealed a relatively high photocurrent, ranging from 0.4 to 3.1 mA at
1230 mV vs. RHE, which almost saturated at 1500 mV vs. RHE (Figure 5). The photocurrent
onset potential was observed approx. at 500 mV vs. RHE. Recombination peaks were not
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observed, which indicated the long lifetime of charge carriers in the studied electrodes.
Interestingly, the photocurrent generated by all electrodes connected equaled 62% of the
sum of individual photocurrents at 500 mV vs. RHE (onset potential) and exceeded 99%
at 1125 mV vs. RHE. Smaller differences between both values for WO3 in comparison to
Fe2O3 could be associated with the higher electrical conductivity of the former [38] and the
larger uniformity within a single film and between different WO3 electrodes. Nevertheless,
the variation in normalized photocurrent densities among studied electrodes (Figure 5c)
suggests that the reproducibility of films could be improved, and their activity may depend
on the power of incident light. The individual WO3 electrodes revealed maximum ABPE
efficiency in the range of 780–880 mV. The highest value of 0.23 % at 835 mV was determined
for the W6 electrode, which was also illuminated with the strongest light. In general, higher
photocurrent density and lower (by approx. 400 mV) onset potential for WO3 anodes
enable reaching higher by two orders of magnitude ABPE efficiency (three electrode setup)
in comparison to Fe2O3.

 

 

  

Figure 5. LSV (scan rate: 20 mV·s−1) experiments with WO3 photoanodes, conducted in acidified
synthetic seawater (pH = 1.55) under the illumination of the solar simulator: (a) Light power density
per electrode (average of three points). The average power density equals 52.4 mW·cm−2. (b) The
photocurrent for individual electrodes and all-together connected electrically in parallel (bold line).
(c) Photocurrent density normalized by light power density. (d) ABPE efficiency derived from (b).
The noisy signal for W1 and W5 samples (top row of electrodes) is probably connected to poor contact
with the current collector. The color code is the same in subfigures (b–d). RE: Ag/AgCl (sat. KCl),
CE: Pt-coil.
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The PEC activity of WO3 photoanodes was additionally evaluated in the acidified
Na2SO4 solution (pH = 1.55), in which only the OER takes place. Although the onset
potential measured in Na2SO4 was almost the same as in seawater (approx. 500 mV
vs. RHE), the increase in the photocurrent below 1000 mV is much slower in Na2SO4
electrolyte. For some samples (e.g., W2, W3, W4), values of the photocurrent at potentials >
800 mV vs. RHE overcame those measured in seawater (Figures 6a and S6). Consequently,
maximum ABPE values were shifted towards higher potentials > 900 mV, and, thus,
they were slightly lower. Similar behavior was also found for nanorod-TiO2 electrodes
(measurements performed in 0.5M of NaCl and 0.5M Na2SO4) [39], suggesting that the
ClER (and possibly other reactions involving Cl-species) is more efficient than the OER at
low overpotentials (<1000 mV), independent of the type of photoanode.

  

Figure 6. LSV (scan rate: 20 mV·s−1) experiments with WO3 photoanodes, conducted in acidified
0.5M Na2SO4 (pH = 1.55) under the illumination of the solar simulator: (a) Photocurrent density
normalized by light power density. (b) Applied bias photon-to-current efficiency derived from the
photocurrent. The noisy signal for W1 and W5 samples (top row of electrodes) is probably connected
with poor contact with the current collector. RE: Ag/AgCl (sat. KCl), CE: Pt-coil.

The stability of the system in seawater splitting was evaluated during a prolonged CA
experiment (two-electrode configuration) with eight photoanodes connected as the WE and
stainless steel foil acting as the CE (Figure 7a). The measurement was performed at 1230 mV
(500 mV in the first 60 s) vs. CE with anolyte circulating between the anodic half-cell and an
external reservoir. Additionally, the potential of the WE vs. the Ag/AgCl electrode (WE-RE
potential) was independently measured (Figure 7b). Imposing the bias of 1230 mV between
the WE and the CE resulted in WE-RHE potential of 1168 mV (3. min), which indicated that
the overpotential connected with resistances of electrolyte, membrane, etc., equaled 62 mV
at these conditions (inset in Figure 7b). The dark current density during the first 3 min was
below 0.01 mA·cm−2 and rapidly increased to 0.3 mA·cm−2 after switching on the light,
which was associated with the drop of WE-RHE potential by 141 mV. On the other hand,
the start of electrolyte circulation caused the increase in both the WE-RHE potential by
20 mV and current density by 7 μA·cm−2. During 17.7 h of experiment, current density
decreased to 0.177 mA·cm−2 (drop of 33%), whereas the WE-RHE potential decreased
to 829 mV (drop of 339 mV). The plausible reasons for such a behavior are (i) a decrease
in light power during the measurement, (ii) a degradation of photoelectrodes, or (iii) an
increase of overpotentials. The two first hallmarks seem to play only a minor role in the
observed changes (see discussion in Supplementary Materials, Figures S7 and S8). On the
other hand, the color of the stainless steel electrode was changed after the CA experiment
and likely indicates a corrosion process occurring at the surface and, thus, the possible
increase in the cell overpotential. This type of electrode is clearly not suitable for prolonged
operation in acidified seawater, even under cathodic bias.
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Figure 7. (a) The two-electrode chronoamperometric (CA) measurement in acidified synthetic
seawater (pH = 1.55) under approx. 0.5 Sun illumination at the potential of 1.23 V vs. CE. WE: 8 WO3

photoanodes connected electrically in parallel, CE: stainless steel foil. (b) The potential of WE vs. RE
(Ag/AgCl electrode). It was measured independently from the CA setup using auxiliary potentiostat.

A characteristic odor of chlorine was readily noticeable, and the anolyte was turning
more and more yellow during the CA experiment. The pH of anolyte and catholyte
increased from 1.55 to 1.61 and from 1.52 to 1.69, respectively. Such an observation can
be expected in the cathodic half-cell because of the hydrogen evolution reaction (HER).
Concerning anodic reactions, the ClER does not influence the pH, while the OER and other
reactions involving Cl-species result in acidification of the solution. An increase in pH
seems to result only from the transfer of H3O+ ions across the membrane to minimize
the pH gradient between both compartments. Such behavior suggests that the efficiency
of the OER was lower than the HER because of competition with the ClER. The upper
limit of the total amount of produced chlorine (calculated from the total charge, ~486 C)
reached almost 450 mg·L−1, which translates into the concentration of approx. 440 ppm
after the conclusion of the CA experiment (assuming 100% Faradaic efficiency of the ClER).
This value is rather highly overestimated due to the preference for the OER process at
current densities below 1 mA·cm−2 [35]. The simple estimation of chlorine concentration
in the anolyte was conducted using test strips. The intensive purple color of the upper pad
(Figure S9) indicated the presence of at least 10 ppm of chlorine in the solution after the CA
experiment. Moreover, no chlorine was detected in the catholyte, suggesting no crossover
of Cl-containing ions between compartments. Further analysis of the chlorine formation
was performed within case study 3 (see text below).

2.3. Case Study 3—PEC Seawater Splitting Coupled with MH-Based Hydrogen Storage

The last case study combines two former, i.e., photo-assisted seawater splitting in the
anodic half-cell was coupled with in situ hydrogen storage in the cathodic compartment.
The use of WO3 photoanodes (in an acidic electrolyte) and the LaNi4.3Co0.4Al0.3 cathode
(in an alkaline electrolyte) implicated a significant overpotential (~0.7 V according to the
Nernst equation) due to the pH gradient between both compartments. Although the Na-
substituted Nafion membrane was again used as the separator of compartments, the proton
transfer seemed to be the dominating conduction mechanism through the membrane, in
agreement with a general order of cation permeability in cation-exchange membranes [40].
This process led to a decrease in the inter-compartment pH gradient. Consequently, to
maintain pH < 4 in the anolyte solution (required for WO3 photoanodes), the larger volume
of electrolyte (2 L) was circulating between the anodic half-cell and the external reservoir.
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The photo-assisted galvanostatic C/D sequence, analogous to the one from case study
1 (CS-1), is presented in Figure 8. The experiment was performed in a two-electrode
mode with charging of the cathode vs. eight WO3 photoanodes and discharging vs. the
Ni-helix electrode. Moreover, cathode potential was independently measured vs. the
Hg/HgO electrode placed in the cathodic half-cell. Due to a different setup (two electrolytes,
membrane separation, different photoanodes) compared with CS-1, cell potentials during
charging in the dark at current densities of 60 mA·g−1 and 200 mA·g−1 were much lower
(i.e., higher absolute values), reaching −3.4 V and −3.8 V, respectively. Moreover, WE
potentials also decreased to −0.16 V and −0.29 V vs. RHE. Upon irradiation (~50 mW·cm−2)
the cell potential increased by 1.65–1.75 V at 60 mA·g−1 (Figure 8b), which was more than
20 times higher than in the case of Fe2O3 photoelectrodes (Figure 2). Such a voltage drop at
the given current density (absolute current of 6.06 mA) decreased the power withdrawn
from the galvanostat by 10–11 mW. Taking into account the total active area of the studied
photoelectrodes (28.5 cm2), the light-to-electricity efficiency of the system (calculated as
the ratio of electrical and light power) reached 0.7%. Moreover, the absolute cell potential
under illumination was also lower than in the CS-1, even with a large pH gradient. The
CE potential at 60 mA·g−1 under illumination was equal to 0.8 V vs. RHE, at which
the maximum ABPE efficiency of the WO3 electrodes was found (Figure 5d). The latter
observation explains a high cell voltage reduction due to the photoresponse of the anodes.
WE-RE potential remained unaffected during light modulation. After increasing the current
density to 200 mA·g−1, the photoanodes operated at a potential >2.7 V vs. RHE, which was
much higher than the onset potential of the dark current. Consequently, the dark current
dominated the reaction at the anodes; thus, applied illumination had a minor impact on the
cell potential (reduction of around 40 mV), similar to the observations in CS-1 (Figure 2).
The changes in cell potential remained constant for over 17 h (for 200 mA·g−1), indicating
operational stability of the system in dual electrolyte setup.

  

Figure 8. (a) Photo-assisted C/D experiments of the LaNi4.3Co0.4Al0.3 cathode. Data of potential vs.
RHE during 4–7. cycles are missing because the RE was temporarily above the electrolyte. (b) The
first twelve hours of the experiment. The absolute values of charging/discharging currents and
potential changes upon illumination are given in red.

The influence of the specific current density on the magnitude of the cell voltage
change was verified during short charging experiments (Figure 9), in which the light was
switched ON/OFF every 60 s (15 min was used for 200 mA·g−1). The dark charging
potential decreased (absolute value increased) along with the growth of the charging cur-
rent, as expected from the cyclic voltammetry curves (Figure S3). On the other hand, cell
voltage change was gradually suppressed for larger currents, which is coherent with the
fact that photovoltage decreases for higher (photo)currents. The highest voltage gain was
approx. 1.8 V at 20 mA·g−1 (2.02 mA), which is almost 57% of the dark charging voltage.
This suggests that using a more intense illumination or multiplying photoelectrodes could
bring the device closer to bias-free charging for the given current density. Nevertheless,
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to facilitate hydride formation at the cathode (i.e., to yield hydrogen storage), a mini-
mum charging current of approx. 5 mA for LaNi5-based cathodes (Figure S3) is required,
which limits the maximum available voltage gain from photoelectrodes operating in the
galvanostatic mode.

Figure 9. Short photo-assisted C/D experiments with different charging rates. The specific current
densities of 20, 50, 60, and 200 mA·g−1 correspond to absolute current values of 2.02, 5.05, 6.06, and
20.18 mA, respectively. Modulated light was applied to photoanodes during experiments.

The specific discharge capacity was significantly lower (7–35 mAh·g−1, Figure S10)
than values determined in CS-1 (140–240 mAh·g−1, Figure 3), which may be connected with
the lower ionic strength of the catholyte (0.5M NaOH in CS-3 vs. 1M KOH in CS-1), differ-
ences in the experimental setup, and/or the possible degradation/oxidation of cathode
active materials between CS-1 and CS-3 (a period of four months).

The chlorine evolution in the anodic compartment was again confirmed by test strips
(Figure S11) and by the formation of the intense characteristic odor and a color change in the
electrolyte. No chlorine was detected in the catholyte, as in experiments within CS-2. Two
electrolytes were compared: (i) the first one (Figure S12a) after shorter experiments partly
presented in Figure 9, and (ii) the second (Figure S12b) after the complete C/D experiment
shown in Figure 8. Interestingly, the yellowish color was significantly more intense in
the former case despite the fact that a much smaller electric charge transferred during
the process (288 C vs. 1420 C). This suggests a higher concentration of the colorless ionic
chlorine-based species in the second case. The analysis of a free chlorine (Cl2)-based species
with the spectrophotometric DPD (N,N-diethyl-p-phenylenediamine) method [41] revealed
the concentration between 20 and 30 mg·L−1 (approx. 19–29 ppm) for the second electrolyte.
These values indicate that no more than 11% of the total charge transferred during the C/D
experiment was involved in the ClER, which is in line with the preference towards the
OER for currents in the mA-range [35]. The observed chlorine concentration was much
lower than 5%, the concentration commonly found in commercial antifungal/antimold
products. Thus, such solutions might be used as a disinfection agent or oxidating reagent
with a lowered pH (final value of around 2).

2.4. Stability of the Reactor

As discussed in the introduction, the 3D-printed reactors reported in the literature are
typically early-stage prototypes operating for up to 30 h in a specified electrolyte [21–23,25].
In contrast, the PEC cell manufactured in this study was used for several prolonged
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experiments, each lasting between 17 and 45 h (e.g., four experiments analogous to those
in CS-1 were not presented), giving more than 300 h in total. The designed and tested
setup revealed mechanical and chemical stability, as well as tightness in various chemical
environments (with the pH ranging from 1 to 14) and under the flow of diverse electrolytes.
After the C/D experiments in seawater, the initially transparent impregnation layer inside
the anodic half-cell, the outer layer of electrolyte tubing (only inside the external reservoir,
where tubes were immersed in the electrolyte), and the multi-electrode gasket changed color
(Figures S13 and S14) due to the contact with chlorine species (in the form of Cl2, HClO,
ClO−, etc.), which are known to be strong oxidative agents. Nevertheless, these changes did
not alter the durability of these components. The tailor-made gaskets provided sufficient
water tightness; however, they were single-use because of the substantial deformation,
which remained after the disassembly of the reactor (Figure S14). Moreover, the noisy
signal observed for the top-row electrodes suggests the need for improving the design of
the current collectors and the uniformity of pressure applied to the set of electrodes (the
type of gasket also affects this factor).

3. Materials and Methods

3.1. Manufacturing of the Reactor

The reactor and additional components, including compartment bodies, top lids, the
cathode holder, the diaphragm, closing plates, stoppers, adapters, caps for electrolyte
bottles, and additional boxes were designed in the Freecad v. 0.19 parametric-modeler [42].
The slicing of the 3D models, setting the printing conditions, and the generation of .gcode
files were performed in Ultimaker Cura v. 4.9.1 software [43]. Fused deposition modeling
was conducted with the Ender 5 Plus printer (Creality, Shenzhen, China) equipped with an
enclosure, which minimizes temperature gradients between the printer’s build plate and
the environment and reduces the cooling rate of the printout. Several printing parameters
were optimized to obtain objects with the best properties, e.g., wall thickness, single-layer
height, infill type and density (the fraction of the object’s internal volume filled with
filament), nozzle and build-plate temperatures, printing speed, and print orientation. They
affect the quality of the printouts, the water tightness of certain faces, the printing time,
and the amount of building material. The exemplary parameters for different objects were
compared in Table 1. The ASA filament (acrylonitrile-styrene-acrylate filament, Polar White,
Spectrum Filaments, Pecice, Poland) was used to print all objects. This polymer was chosen
due to its chemical stability in acidic and alkaline aqueous solutions, and its resistance
to UV radiation. To increase the adhesion of the printout to the build plate, the latter
was manually coated with a thin ASA layer. After printing, all supporting elements were
removed, and rough faces were smoothed with acetone (if applicable and needed). The
interior of cell compartments was additionally impregnated with transparent epoxy resin
049 (AG TermoPasty, Sokoly, Poland) to ensure water tightness. Gaskets for electrode/lid
ports (methyl vinyl silicone, RubberPro, Liszki, Poland) were glued to the cell body/lid
using a cyanoacrylate adhesive (Technicqll, Trzebinia, Poland). Softer gaskets in contact
with photoanodes and a membrane/diaphragm were cast in-house from mold-forming
silicone (SiliForm 25, AgBet, Dobrzelin, Poland) using 3D-printed tailor-made molds.

Table 1. Examples of parameters used for printing different objects.

Parameter Compartment Body Cathode Holder Box for Pumps Gasket Mold

Filament material ASA
Nozzle diameter/mm 0.4 0.1 0.4 0.4

Nozzle/bed temperature/◦C 245/60
Layer height/mm 0.1 0.08 0.2 0.2

Infill/% 20 15
Wall thickness/mm 4 4 1.2 1.2

Top/bottom thickness/mm 4 4 0.6 0.6
Top/bottom printing speed/mm·s−1 20
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3.2. Design of the Reactor and Peripheral Modules

The manufactured reactor was based on a modular design, which allows for various
configurations of electrodes and processes. The multi-electrode half-cell (no. 1 in Figure 10)
accommodated up to eight (photo)electrodes with dimensions of 50 mm × 22mm (an active
area up to 5.8 cm2 and 46 cm2 for a single electrode and the whole set, respectively). On
the contrary, the single-electrode compartment (no. 2 in Figure 10) was suitable for a larger
electrode of size 100 mm × 100 mm (an active area up to 71 cm2, not presented in this
report). In both variants, electrode(s) were pressed against the half-cell equipped with
an intermediate gasket and Cu foil acting as an electrical connection (no. 6 in Figure 10).
Depending on the type of experiment/process studied, the electrode window in each half-
cell could be alternatively closed by the PMMA plate (no. 11 in Figure 10). Compartments
were separated by an IEM (e.g., Nafion 117, Sigma Aldrich, Burlington, MA, USA) or
a porous diaphragm, which provided an ionic connection between both parts. Top lids
enabled the introduction of additional electrodes or tubing to the cell. The removal of
evolved gases out of the compartments was assumed to take place along with a separated
circulation of anolyte and catholyte between the cell and external reservoirs. For this
reason, each compartment contained at least ten standard 1/4”- hydraulic ports for the
connection of the electrolyte flow system. Figure 10 illustrates the PEC-MH configuration
of the reactor, with eight photoanodes and the cathode introduced through the lid, whereas
the disassembled reactor is presented in Figure S15. The multi- and single-electrode half-
cells are characterized by internal volumes of approx. 170 and 240 mL, respectively. The
electrolyte circulation system was based on a set of membrane pumps with a maximum
flow of up to 900 mL·min−1, inert tubing (Versilon SE-200, Saint-Gobain, Courbevoie,
France), and plastic reservoirs. The individual switching of each electrode was realized by
a computer-controlled relay module.

Figure 10. A schematic assembly of the PEC-MH reactor: (1) an anodic compartment, (2) a cathodic
compartment, (3) lids with ports for electrodes, (4) fixing plates with windows, (5) silicone gaskets,
(6) an electric contact (the other seven are not shown), (7) a photoanode, (8) a reference electrode
(optional), (9) cathode, (10) an ion-exchange membrane/diaphragm, and (11) the PMMA/glass plate.
For clarity, some elements of the assembly are not shown, e.g., the cathode holder, additional counter
electrode, hydraulic fittings, electrolyte tubing, screws, and nuts.
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3.3. Preparation of Cathode Assembly

Hydride-forming intermetallic compounds (LaNi4.7Al0.3 and LaNi4.3Co0.4Al0.3) were
synthesized by arc melting. Stoichiometric amounts of La (99.9%, Alfa Aesar, Ward Hill,
MA, USA), Ni (99.98%, Alfa Aesar), Co (99.95%, Alfa Aesar), and Al (99.99%, Alfa Aesar)
were melted together in a pure argon (oxygen-free) atmosphere, in an arc furnace (MAM-1,
Edmund Bühler GmbH, Bodelshausen, Germany) utilizing an electric arc formed between
tungsten and copper electrodes. The arc temperature was adjusted for each composition
(up to max. 3500 ◦C) by varying the applied electric current. To reach a high chemical and
structural homogeneity, the obtained ingots were repeatedly melted and flipped upside
down multiple times. In the final stage of the synthesis process, the as-cast button-shaped
samples were once again melted and cast into rod-shaped samples. To further increase
the homogeneity of the synthesized materials, the rod-shaped ingots were subsequently
enclosed in stainless steel tubes under the Ar atmosphere and annealed at 1200 K for 96 h.
In the next step, the annealed samples were pulverized and then mixed with binding and
conducting materials to form a cathode. The studied cathodes comprised a powder mixture
of an annealed hydrogen-storing intermetallic compound (the active material, 90 wt.%),
the binder (PTFE, 5 wt.%), and carbon black (5 wt.%, to increase electrical conductivity) of
approx. 120 mg total mass, which was cold-pressed between two sheets of Ni-foam. To
minimize powder losses and to increase the mechanical stability of such a sandwich-type
electrode, the cathode was enclosed in a 3D-printed cathode holder supplemented with
two silicone gaskets and a Ni-frame acting as an electrical connection (Figure S16).

3.4. Preparation of Photoanodes

Thin films of Ti-doped Fe2O3 were deposited on FTO-glass substrates using iron(III)
acetylacetonate (FeAcac, 99.9 %, Sigma Aldrich) as the precursor following the procedure
reported before [26]. Shortly, an appropriate amount of TiCl4 (99.9 %, Sigma Aldrich)
and FeAcac were sequentially dissolved in ethanol and homogenized using sonication.
FTO substrates were cleaned (detergent solution, de-ionized water, and isopropyl alcohol),
masked at one edge (for electrical contact), and placed onto a hot plate (450 ◦C). The
precursor solution was then sprayed onto FTO glass with the Ar carrier gas pressure of
100 psi. After 10 min, the samples were calcinated at 650 ◦C for 1 h.

Approximately 2.5 μm thick WO3 films were obtained by using a sol–gel method
based on a tungstic acid/polyethylene glycol (PEG) 300 precursor following a previously
described procedure [37]. FTO glass (resistance 8–10 ohm·sq−1, Sigma Aldrich) was used
as substrate. The WO3 films were formed during six consecutive applications of the
colloidal precursor onto the substrates with a surface area of 5.8 cm2 using the doctor-
blade technique. Each application was followed by heating in flowing oxygen at 500 ◦C
for 30 min. The annealing provides highly crystalline WO3 films, which crystallize in a
monoclinic structure.

3.5. PEC Characterization

Linear sweep voltammetry, chronoamperometry, and chronopotentiometric charge/
discharge measurements were controlled by potentiostat/galvanostat OrigaStat 100 (Ori-
gaLys, Lyon, France), whereas additional voltage measurements were performed with the
potentiostat 2.0 (Instytut Fotonowy, Krakow, Poland). The source of solar radiation was the
solar simulator consisting of the xenon arc lamp (XBO, 150 W, Instytut Fotonowy) and the
AM1.5G filter, coupled with a water filter. The light spectrum (Figure S17) was measured
using a Black-Comet-SR spectrometer (StellarNet Inc., Tampa, FL, USA) equipped with a
cosine receptor and fiber optic cable. The used solar simulator was characterized by a small
light power variation over time (less than 5 %). However, it produced a highly focused
beam (spot smaller than 1 cm2) because of the installed elliptic reflector. Consequently,
light power over 100 cm2 area (size of the photoanode port) was highly inhomogeneous,
and each photoanode was illuminated differently. To account for this effect, the spatial
distribution of light power was measured before each experiment at three points per elec-
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trode using a light calibrator (Instytut Fotonowy), fitted with a reflective neutral density
filter (required to avoid saturation of sensor, optical density 2, Edmund Optics, Barrington,
NJ, USA), and a tailor-made holder resembling the geometry of the multi-electrode side
(three points per electrode, Figure S18). The average power for each electrode was used to
calculate ABPE efficiency. The photoanode active areas in multi-electrode compartments
were determined graphically (Figure S19) using ImageJ v. 2 software [44]. Electrolytes were
freshly prepared before experiments. The pH values of electrolytes were measured with
the CX-461 multifunction meter (Elmetron, Zabrze, Poland) coupled with EPS-1/EPX-4
electrodes and a temperature probe.

3.6. Case Study 1 (CS-1)

The photo-assisted charging of LaNi4.7Al0.3- and LaNi4.3Co0.4Al0.3-based cathodes
(working electrode WE) was performed under simulated solar radiation with eight Fe2O3
photoanodes connected electrically in parallel (CE). The discharging step was performed
in dark vs. the Ni-helix electrode (CE) with a cut-off potential of 0.7 and 0.79 V vs. CE
(0.52 V and 0.58 V vs. RHE) for LaNi4.7Al0.3 and LaNi4.3Co0.4Al0.3, respectively. Although
C/D experiments were performed in two-electrode mode (to simulate real operation), the
potential of WE vs. Hg/HgO was additionally measured by an independent potentiostat
(Figure S20a). The automatic switching of two types of counter electrodes (photoanodes or
Ni-helix electrodes) between charging and discharging was realized by a feedback-loop
module based on a microcontroller (Seeeduino Nano, Seeed Studio, Shenzhen, China) cou-
pled with a relay. Both compartments of the reactor were separated by a porous membrane
made of an ASA polymer, allowing the mixing of electrolytes (1M KOH, pH = 13.5–13.7,
prepared from KOH pellets, 88%, VWR, Radnor, PA, USA) but limiting the crossover of
evolved gases. The scheme with distances between electrodes is given in Figure S21a,
and pictures of anodic and cathodic compartments are presented in Figure S1. The to-
tal volume of the electrolyte in the system amounted to 1.2 L. Powder X- ray diffraction
experiments were performed with the Rigaku Miniflex diffractometer (Cu Kα1 radiation,
2θ-range = 5–120◦, Δ2θ = 0.02◦).

3.7. Case Study 2 (CS-2)

Three-electrode LSV and two-electrode CA measurements were performed with eight
WO3 photoanodes connected electrically in parallel (WE) and Pt-coil or stainless steel
foil (CE), respectively. Ag/AgCl (sat. KCl) was used as the RE. The experiments were
performed in synthetic seawater (AF Perfect Water, Aquaforest, Brzesko, Poland) and
0.5M Na2SO4 (from powder, 99%, Alfa Aesar), acidified with HCl (35–38%, Chempur,
Piekary Slaskie, Poland) and H2SO4 (95%, POCH, Gliwice, Poland) to pH = 1.55 and 1.7,
respectively. The measurements were performed in a two-compartment configuration
with a Na-substituted Nafion 117 membrane (ion exchange in 0.5–1M NaCl lasted at least
5 days). Both compartments were initially filled with the same starting electrolyte. The set
of membrane pumps maintained the electrolyte flow. Total volumes of circulating anolyte
and catholyte were approx. 0.4 L each. The presence of chlorine in each compartment was
verified qualitatively using test strips (Aqua Star).

3.8. Case Study 3 (CS-3)

The photo-assisted C/D experiment for LaNi4.3Co0.4Al0.3-based cathode coupled
with simultaneous seawater oxidation was performed in a two-electrode configuration.
The setup was analogous to CS-1, except for the Na-substituted Nafion 117 membrane
separating both compartments (Figures S20b and S21b). For the anolyte and catholyte,
acidified synthetic seawater (pH = 1.7, 2 L) and 0.5M NaOH (pH = 13, 0.8 L, from NaOH
pellets, 98 % Honeywell, Charlotte, NC, USA) were used, respectively.
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4. Conclusions

The objective of this work was the design and production of a photoelectrochemical
reactor for coupling PEC (sea)water splitting with in situ hydrogen storage in hydride-
forming intermetallic compounds. The large-scale modular PEC-MH cell was manufac-
tured using the 3D-printing method supplemented by appropriate impregnation. The
reactor size was larger than a standard laboratory cell and comparable with the upscaled
devices manufactured by traditional subtractive methods. It can operate with up to eight
photoactive electrodes with a total active area of up to 46 cm2. The device was equipped
with an electrolyte flow system, a relay module for the photoelectrode connection, and a
feedback-loop module for switching between counter electrodes.

The fabricated system was tested in three case-study experiments. Photo-assisted
galvanostatic charging/discharging of LaNi5-based cathodes with the Fe2O3 photoanodes
resulted in the formation of the metal hydride phases (confirmed by powder X-ray diffrac-
tion) and proved a successful operation of the upscaled PEC-MH device. Owing to the low
efficiency of the tested photoanodes (the total photocurrent density for eight electrodes of
0.03 mA·cm−2) and a potential–current mismatch between anodes and the cathode, the
reduction in the cell charging voltage due to the photoresponse from the photoanodes
was only ~4% (charging at 6 mA). Significantly higher photoactivity was observed for
WO3 photoelectrodes (the total photocurrent density of 0.34 mA·cm−2) towards oxygen
evolution reaction (performed in Na2SO4 solution) and simultaneous chlorine and oxygen
evolution reactions (in synthetic seawater). The higher PEC efficiency of WO3 electrodes
and the optimal potential–current conditions for both the anodes and the cathode were
substantiated by the significant reduction in the cell charging voltage by 50% (charging at
6 mA). The experiment was performed in a dual electrolyte system (the catholyte: 0.5M
NaOH, the anolyte: acidified seawater), with the intrinsic overpotential of approx. 0.7 V
caused by the pH gradient. It was proposed that increasing the power density of light
would bring the system closer to bias-free operation. The experiments involving seawater
as an electrolyte were associated with the simultaneous presence of the ClER and the OER.
The estimated concentrations of dissolved Cl2 were in the range of 20–30 ppm. These
values indicate that the OER is the dominating process when operating the device at the
mA-current range.

The performed experiments confirmed the versatility of the manufactured device,
which can be operated in a broad range of pH and the presence of aggressive chemical
species. The reactor revealed stability over several measurements, lasting between 17 and
43 h each. It was recognized that a single set of tailor-made gaskets is suitable only for
experiment(s) that do not require cell disassembly. Moreover, the quality of electric contacts
and the uniformity of the pressure applied on photoelectrodes by the fixing plate should be
improved. The suitability of the constructed cell is not limited to the few examples of water
splitting presented in this work as it could serve as a flow reactor for (photo)electrochemical
synthesis or water purification.

5. Patents

The manufactured two-compartment photoelectrochemical flow cell and cathode
holder were registered as industrial designs in the European EUIPO database with IPR
numbers: 015055914-0001 and 015055830-0001, respectively.

Supplementary Materials: The following supporting information can be downloaded at https:
//www.mdpi.com/article/10.3390/catal14120941/s1, Figure S1: The PEC-MH setup used in charge/
discharge experiments. (a) Multi-electrode anodic compartment, (b) cathodic compartment with
transparent PMMA window. 1—Fe2O3 photoanode, 2—Cathode holder with the cathode, 3—Ni-helix
electrode, and 4—ASA porous diaphragm; Figure S2: Photocurrent density derived from linear sweep
voltammetry (LSV) measurements (presented in Figure 2 in the main text); Figure S3: Ten chrono-
voltammetry cycles for LaNi4.3Co0.4Al0.3 cathode measured in ~1M of KOH solution (pH = 13.5). RE:
Hg/HgO, CE: Ni-helix, scan rate: 10 mV·s−1. Peaks corresponding to H2-absorption/desorption
are highlighted; Figure S4: Dark LSV (scan rate: 10 mV·s−1) experiment with Fe2O3 photoanodes

130



Catalysts 2024, 14, 941

connected in parallel, conducted in 1M of NaOH; Table S1: Unit-cell parameters for the pristine and
hydrogenated LaNi5-based phases derived from the Rietveld refinements; Figure S5: Comparison of
the PXRD patterns for active material and powder mixture embedded in LaNi4.7Al0.3-based cathode.
Bragg peak indicated with * could not be indexed with any well-known secondary phase; Figure S6:
LSV (scan rate: 20 mV·s−1) experiments with WO3 photoanodes, conducted in acidified 0.5M of
Na2SO4 (pH = 1.55) under the illumination of the solar simulator. (a) Light power density per
electrode (average of three points). (b) The photocurrent for each electrode and all-together connected
in parallel (bold line). (c) Photocurrent density. The noisy signal for W1 and W5 samples (top row
of electrodes) is probably connected to poor contact with the current collector. The color code is the
same in subfigures (b,c). RE: Ag/AgCl (sat. KCl), CE: Pt-coil; Figure S7: Changes in light power
density during experiments of case study 2 for individual electrodes. The change in average total
power was smaller than 1.5%. The first light measurement was performed 3.5 h before the start,
while the second was 2.5 h after the end of CA experiments (period of approx. 24 h); Figure S8:
LSV curves in the form of current density normalized by light power density measured before and
after the CA experiment (case study 2). Data were collected for eight WO3 electrodes connected in
parallel. The largest deviation at 1500 mV is lower than 5.7 %. RE: Ag/AgCl (sat. KCl); Figure S9:
Semi-qualitative chlorine detection using test strips. Although the Cl2-pad turns yellow in acidic
electrolytes, the intensive purple color clearly indicates the presence of free chlorine in the solution
after the CA experiment; Figure S10: Discharge specific capacity of the LaNi4.3Co0.4Al0.3-based
cathode derived from charging/discharging measurements in CS-3; Figure S11: Semi-qualitative
chlorine detection using test strips. Although the Cl2-pad turns yellow in acidic electrolytes, the
intensive purple color clearly indicates the presence of free chlorine in the anolyte after the C/D
experiment in CS-3. No trace of free chlorine was detected in the catholyte; Figure S12: (a) Anolyte
after short charging experiments with different C-rates (Figure 9 in the main text) and two charg-
ing steps at 20 mA·g−1 (total charge transferred through photoanodes ~288 C). (b) Anolyte after
a prolonged C/D experiment (Figure 8 in the main text, total charge transferred ~1420 C); Figure
S13: Elements of PEC-MH device after experiments with seawater oxidation. (a) Anodic half-cell.
The internal impregnation layer was colored yellow. (b) Catholyte tubing. (c) Anolyte tubing—only
the external layer of tubing was oxidized; Figure S14: Multi-electrode gasket after experiment with
seawater in CS-2. Deformations and discoloration are clearly visible; Figure S15: Components of the
PEC-MH device. 1—Multi-electrode half-cell accommodating eight transparent photoanodes with
electric contacts to photoanodes (Cu-foil) and hydraulic ports for electrolyte circulation. 2—Cathodic
half-cell. 3—Backplate for fixing PMMA window. 4—Front plate for fixing photoelectrodes. 5,
6—Back and front thermal shields. 7—PMMA back window. 8—Fe2O3 photoanodes. 9—Ni-helix
electrode. 10—Top lids with electrode ports. 11, 12—Photoelectrode gaskets. 13—Fixing bolts. The
compartment separator (membrane or diaphragm) and its gaskets are not shown; Figure S16: The
subsequent steps (a–d) of assembly of the cathode holder. The holder was 3D-printed with the
ASA polymer, with screws and nuts made of polypropylene. The Ni-contact is combined with an
adapter fitting the electrode port in the lid of the reactor; Figure S17: Spectral irradiance of the solar
simulator (xenon arc lamp + AM1.5G filter) coupled with water filter. The spectrum was measured at
an arbitrary distance from the lamp; Figure S18: A holder with a photodiode for calibration of light
power over 100 cm2. The holder resembles the geometry of a multi-electrode compartment (three
points per electrode); Figure S19: Active areas of electrodes in cm2: (a) case study 1, (b) experiments
in seawater in case study 2, (c) experiments in 0.5M of Na2SO4 in case study 2 and case study 3;
Figure S20: Schemes of electrical circuits during (a) charging and (b) discharging experiments. The
potential of WE vs. RE was measured with an auxiliary potentiostat (labeled as a voltmeter in the
schemes); Figure S21: Schemes of experimental setups used in case study 1 (a) and 3 (b). Horizontal
distances are given with an accuracy of ±3 mm due to the irreproducible shrinkage of gaskets.
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Abstract: Nano metal oxides (NMOs), with their unique physico-chemical properties and low toxicity,
have become a focus of research in heterogeneous catalysis. Their distinct characteristics, which
can be tailored based on size and structure, make them highly efficient catalysts. NMOs have the
potential to significantly contribute to the degradation of numerous environmental pollutants through
photolytic decomposition. This work comprehensively analyzes the synthesis, catalytic performance,
and applications of photocatalytically active metal oxides, specifically titanium, zinc, copper, iron,
silver, tin, and tungsten oxides. The primary objective is to demonstrate how the effectiveness of
photocatalytic processes can be enhanced and optimized by incorporating metals, non-metals, and
metalloids into their structure and forming heterostructures. Furthermore, the aim is to understand
the underlying process of photocatalytic oxidation thoroughly. Photocatalysis, a promising approach
in advanced oxidation processes, has garnered significant interest in these fields.

Keywords: nano oxides; photocatalysis; advanced oxidation processes; synthesis; organic pollutants

1. Introduction

Nanoparticles (NPs) exhibit distinct physical and chemical properties due to their
large surface area relative to their volume and the impact of their small size at the quantum
level. NPs have diverse applications in electronics, catalysis, energy storage, environmental
remediation, biology, and other fields [1,2]. Nano metal oxides (NMOs) exhibit exceptional
catalytic activity, specific adsorption properties, high electrical conductivity, and magnetic
traits. They are frequently utilized as catalysts in chemical reactions or as sensors in
electronic systems [3–5]. Extensive research into NMOs is leading to innovative methods
for their production [6], new methodologies for their characterization, and uncovering
new uses for these adaptable NPs. With the ongoing progress of technology, NMOs will
probably have a growing significance in influencing the future of many areas.

Advanced oxidation processes (AOPs) are chemical treatment methods for eliminating
organic and inorganic contaminants from water and wastewater. This is achieved by
generating hydroxyl radicals (•OH), which possess strong reactivity and can effectively
degrade complex pollutants such as organic dyes, pesticides, or pharmaceuticals [7–10].
AOPs are highly efficient in breaking down diverse organic contaminants resistant to
removal through traditional treatment methods.

Photolytic advanced oxidation processes (PAOPs) employ ultraviolet (UV) radiation to
produce •OH through the oxidation of molecules like hydrogen peroxide (H2O2) or ozone
(O3). Hydroxyl radicals are generated by activating photocatalysts, such as the widely used
titanium dioxide (TiO2), by UV radiation and initiating the generation of electron–hole
pairs in the photocatalyst, which react with water and oxygen, creating •OH.

Catalysts 2024, 14, 771. https://doi.org/10.3390/catal14110771 https://www.mdpi.com/journal/catalysts134
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Due to their unique features and high efficiency, semiconductor NMOs have been
extensively studied and utilized in photocatalysis. In Figure 1, band gap positions of
different semiconductors in contact with an aqueous electrolyte are shown.

Figure 1. A comparative view of band edge locations of several semiconductors in contact with an
aqueous electrolyte (pH = 0) is conducted on the conventional hydrogen electrode, the vacuum level,
and the redox potentials of water splitting [11].

The most frequently employed semiconductor NMOs in photocatalysis are titanium
dioxide (TiO2), zinc oxide (ZnO), and iron oxide (Fe2O3). Several more candidates show
promise for utilization in photocatalysis. They exhibit photocatalytic behavior upon expo-
sure to light, typically in the ultraviolet (UV) spectrum, as they generate electron–hole pairs
upon photon absorption. On the catalyst’s surface, the energized electrons and vacancies
can participate in oxidation–reduction reactions, leading to the decomposition of organic
pollutants, the splitting of water into hydrogen, or other specific chemical transformations.
NMOs have several advantages in photocatalysis, such as a large surface area to volume
ratio, customizable band gap energy, chemical stability, and cost-effectiveness. Recently,
various approaches have been explored to enhance the light to energy conversion efficiency
of NMOs. These include modifying their surface properties, incorporating additional
elements, and fabricating nanostructures to optimize light absorption and charge sepa-
ration. In general, NMOs exhibit significant promise for applications in environmental
remediation, energy conversion, and other disciplines that require efficient and sustain-
able photocatalytic processes. It should be noted that using suspended photocatalysts for
wastewater treatment is common, but it presents numerous drawbacks, such as photocata-
lyst saturation or the necessity for recovery and post-treatment following photocatalytic
procedures, which are expensive and challenging to execute. One approach is to immo-
bilize photocatalysts on supports to address these issues. Using NMO photocatalysts in
the membrane diminishes fouling and improves its effectiveness. Improving membrane
applications by incorporating photocatalysts and membrane technology is linked to the
enhanced hydrophilicity and antibacterial properties of photocatalysts. The decreased
contact angle of the treated membrane indicates the hydrophilic properties of the composite
membrane. The composite membrane’s anti-fouling characteristics promote the develop-
ment of a hydrophilic thin layer via hydrogen bonding, thus preventing the attachment of
fouling materials to the membrane surface [12].

The use of NMO NPs in photocatalysis has attracted considerable attention recently,
leading to increased published literature, including review papers. A bibliometric analysis
has demonstrated the evolution of the importance of this research topic in the literature
over the last decade [13]. This increase is due to the necessity for developing water
purification solutions in response to rising global environmental degradation. Review
articles concentrate on specific components, such as contaminants, particular metal oxide
particles, or innovative materials like BiOBr nanocomposites. Srinisava performed a
comprehensive review highlighting current progress in applying diverse photocatalysts
to remove emerging pharmaceutical contaminants in wastewater [14]. Krishnan et al.
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conducted a study of current research trends in transition metal oxide-based photocatalysis
for the elimination of organic dyes from water [15]. The review included synthesizing
BiOBr-based nanocomposites, the mechanisms that boost photocatalytic activity, and their
present research state, and possible applications in destroying organic pollutants was also
published [16].

This paper thoroughly examines synthetic methods and the catalytic efficacy and uses
of photocatalytically active metal oxides, namely titanium, zinc, copper, iron, silver, tin, and
tungsten oxides. The main goal is to show how the efficacy of photocatalytic processes can
be improved and maximized by integrating metals, non-metals, and metalloids into their
framework, forming heterostructures. Importance is also given to the methods of synthesis
of metal oxide particles, with particular emphasis on the advantages and disadvantages of
individual methods.

2. Synthesis

2.1. Wet Chemical Methods
2.1.1. Sol–Gel Methods

Due to its compatibility with industrial use, the sol–gel method is a widely studied wet
chemical technique for manufacturing NMOs. One of its benefits is the ability to manage
the size and uniformity of NMOs effectively. Nevertheless, this method is constrained
by an organic solvent, which can bring environmental risks, restricted availability, costly
starting materials, and a protracted reaction duration.

Usually, metal alkoxide, the molecular precursor, is dissolved in water or alcohol
and converted to gel by heating and stirring by hydrolysis/alcoholysis. Producing a
homogenous sol from the molecular precursor and its subsequent transformation into a
gel is the most crucial step in the sol–gel process. Most often, the citrate sol–gel approach
is used. Citric acid is a chelating agent that bonds metal cations and lowers reaction
temperatures [17]. The citric acid sol–gel method effectively synthesizes nano mesoporous
La2O3 [18]. The procedure applies to synthesizing binary, ternary, and quaternary metal
oxides in crystalline and amorphous forms. The essential advantage of this method, as
with the more traditional sol–gel process, is the homogeneity of the starting material.

The sol–gel technique provides numerous benefits for the creation of NMOs. It
allows for manipulating the size and shape of nanoparticles, producing uniform and
consistent particles [19]. By using proper solvents and pH in the synthesis of TiO2, a
high photocatalytic efficiency was achieved by band gap engineering [20]. However, it is
essential to note that the sol–gel method may not be appropriate for synthesizing specific
types of nanoparticles or materials [21]. Furthermore, this method has several drawbacks.
The technique can be laborious and require several sequential stages [22].

2.1.2. Hydrothermal Method

The hydrothermal process occurs at high pressures and temperatures above the boiling
point in water-based solutions. NMOs usually form in solution from metal precursors
at 80–200 ◦C. This method allows for tuning the morphology of NPs, improving spe-
cific properties for specific applications. It has been traditionally used to create different
types of ZnO nanoparticles, such as nanorods and nanowires [23]. Hexagon-shaped nano
SnO2 was successfully prepared by a simple hydrothermal route [24], as well as Ga2O3
nano cuboids [25], NiO in the form of nano petals [26], nano-MnO [27], and nano-V4O9
plates [28]. The main disadvantages of this approach are the synthesis at high pressure
and temperatures, the complicated experimental setup, and, most importantly, the limited
potential for scale-up manufacturing.

2.1.3. Coprecipitation

This is an economically efficient and uncomplicated technique that enables the large-
scale manufacturing of NMOs. The process entails manipulating variables such as tem-
perature, pH, solvent selection, and precipitating agent to customize the characteristics of
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the nanoparticles. The process is effective for the synthesis of ZnO and CuO. However, it
may lead to the formation of clumps, necessitating adjustments. CuO nanoparticles with
a high purity level and a crystalline structure were synthesized using CuCl2 and NaOH
as precursors and CH3COOH as a capping agent. The particle size was narrowly from
21.88 nm to 22.14 nm [29]. The synthesis of nano-ZnO powder was achieved via oxalate
coprecipitation methodology. Zinc oxalate dehydrate was converted into zinc oxalate on
calcination at 500 ◦C and into ZnO at 700 ◦C [30].

The cocurrent coprecipitation method was developed as an enhanced version of the
traditional coprecipitation method. This method involves the simultaneous addition of a
metal salt solution and a precipitant while maintaining the constant pH value of the reaction
system. The approach ensures the simultaneous precipitation of multiple cations. Nano-
powder ZrO2, garnet, and perovskite were obtained by cocurrent coprecipitation [31].
Recently, the method was applied to synthesize complex nano-sized Dy2O3–Sc2O3 co-
stabilized ZrO2 powders [32].

The hypergravity coprecipitation technique is used in the industrial production of nano
calcium carbonate, nano iron oxide, and nano cerium dioxide powder. This technique uses a
hypergravity rotating bed to create a chemical reaction between two liquid phases, resulting
in minor films, filaments, and droplets. This process enhances micro-mass transfer and
separation between the metal salt solution and precipitant, forming a protective layer on
the particles. The hypergravity method addresses uneven particle size, inadequate powder
dispersion, and particle clumping, making it suitable for industrial manufacturing [33].

Chemical precipitation is a cost-effective and scalable method for producing NMOs
with controlled structures and morphologies. It effectively synthesizes ZnO and CuO
nanoparticles but may cause agglomeration issues, requiring modifications.

2.1.4. Electrochemical Methods

The increasing interest in electrochemical synthesis for preparing NMOs is motivated
by its simplicity, low-temperature operation, low energy consumption, greater product
purity, and ecological friendliness. Recent advancements in this method have shown the
ability to manipulate the composition and morphology of these structures without the
need for adsorbing capping agents [34]. Electrochemical deposition (cathodic and anodic),
cathodic corrosion, and galvanic exchange reactions are usually applied [35]. Applying a
pulsed potential waveform during Cu2O electrodeposition in alkaline electrolytes enables
the formation of Cu2O films with a controllable morphology without altering the elec-
trolyte composition or temperature [36]. Cathodic corrosion produces NMOs and mixed
NMOs with an excellent particle size and shape homogeneity, significantly improving
photocatalyst nanoparticle synthesis procedures. Amorphous TiO2 and crystalline H2WO4
and BiVO4 nanoparticles were prepared (Figure 2) with a preferential crystallographic
orientation starting from the base metal as the reactant [34]. This method is ripe for indus-
trial scale-up, as it avoids large volumes of organic solvents and significant investments in
heating, cleaning, safety, and disposal issues.

Nanotubular TiO2, possessing an average inner pore width of roughly 110 nm, was
synthesized in a meticulously regulated process using electrochemical anodization in an
aqueous phosphoric acid solution, including hydrofluoric acid [37]. The anodization cell
voltage affects the pore diameter of TiO2 nanotubes, with a voltage of 20 V yielding the
biggest pore diameter and the maximum conversion efficiency under light. Moreover,
hydrofluoric acid has a substantial role in pore formation and dissolution. The produced
materials were assessed as photoanodes for dye-sensitized solar cells utilizing metal ph-
thalocyanine dyes.

Galvanic replacement reaction also yields metal nanostructures with controlled shapes,
morphologies, and compositions [38]. In this process, one metal (often known as a sacrificial
template) is oxidized by the ions of another metal having a higher reduction potential.
The template undergoes oxidation and dissolution by coming into touch with a solution.
Simultaneously, the ions of the second metal undergo reduction and are deposited onto
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the external surface of the template. Galvanic replacement reactions provide a simple
and versatile route for producing hollow nanostructures with controllable pore structures.
Nanocrystals of Mn3O4 react with Fe(ClO4)2, forming hollow box-shaped nanocrystals of
Mn3O4/γ-Fe2O3 (“nanoboxes”), which are ultimately transformed into hollow cage-like
nanocrystals of γ-Fe2O3 (“nanocages”) [39]. It is important to note that this approach can
only be used for a limited number of highly reactive metal oxides. Using somewhat raised
temperatures is necessary due to the relatively sluggish kinetics, which might be considered
a disadvantage compared to standard electrochemical approaches.

Figure 2. Schematic illustration of the cathodic corrosion processes for preparing H2WO4, TiO2, and
BiVO4 [34].

2.1.5. Chemical Vapor Deposition

Chemical vapor deposition (CVD) is a flexible method for creating NMOs, offering
benefits like homogeneity, scalability, and control over flakes. However, it has drawbacks
like cost and hazardous gas safety issues. Recently, a graphene coating on nano-TiO2 was
applied using CVD, resulting in a composite material with superior photocatalytic activity
and anti-fouling properties. Graphene improved pollutant adsorption and increased the
TiO2’s charge separation and transportation, resulting in a positive anti-fouling effect [40].
A highly active photocatalyst based on Fe-doped nano-sized TiO2 was successfully synthe-
sized by chemical vapor deposition (CVD) using FeCl3 as an iron source [41]. The growth
of Mo-doped ZnO thin films on glass substrates was achieved by aerosol-assisted CVD,
operating at ambient pressure [42]. Mo is present in the 4+ oxidation state, contributing two
electrons to electrical conduction for every Zn2+ ion replaced in the lattice. SnO2 nanowires
and nanoribbons (doped and pure) have been synthesized using the CVD method and Sn
and SnO2 powders as precursors [43].

2.1.6. Spray Pyrolysis

This method of the production of NMO powder involves consistently blending chem-
ical components in solution to obtain a complex solution, which is then sprayed into a
high-temperature reaction furnace (Figure 3). An ultra-fine MO powder is created in the
furnace through an instantaneous spray pyrolysis reaction. The following are some of this
method’s benefits: (1) the whole process can be made relatively simple by eliminating steps
like the mixing, calcining, and milling of solid powder; and (2) mixing with impurities can
be minimized, and the various pyrolysis reaction conditions can adjust the characteristics
of the produced particles. Many manufacturers—including Merck, Scimarec, and the Amer-
ican company SSC—create beneficial ceramic powders by spray pyrolysis [44]. The method
produced nano-NiO powder using NiCl2 solution as a raw material. The concentration
of the solution and atmospheric pressure influence the powder’s properties. The average
particle size at 700 ◦C is about 20 nm, increasing by temperature [44]. Similarly, spray
pyrolysis can prepare nano-CoO powder with an average particle size below 50 nm from
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CoCl2. The authors reported that as the reaction temperature increases, the crystallinity
gradually increases, yet the specific surface area gradually decreases [45].

Figure 3. Schematic diagram of a spray pyrolysis system [45].

Although spray pyrolysis is a versatile, simple technique, it has certain limitations,
such as requiring the precise control of deposition parameters, the complex reaction mecha-
nism that disables the prediction of the final product, and several environmental concerns
due to solvent emissions. Moreover, equipment, solvents, and energy consumption costs
can be significant, especially for large-scale production.

2.1.7. Microwave Method

Microwave-assisted synthesis (MW) is frequently used to synthesize NPs, ensuring
a uniform heat distribution. This results in regulated physicochemical properties and a
restricted size distribution. Recent developments in MW synthesis have mainly been due
to the introduction of high-tech microwave reactors, leading to rapid advancements in
nanomaterial synthesis [46]. The technique helps produce ZnO-NPs in various sizes and
morphologies. This hydrothermal technique has been successfully used to manufacture
flower-type, needle-type, and spherical-type NPs [47]. By MW heating for 20 min at 180 ◦C,
fine anatase TiO2-NPs with a crystal size of around 7 nm and a specific surface area of
220 m2 g−1 can be produced [48]. A high level of photocatalytic activity has been reported.
Furthermore, the crystallization of nano-CeO2 photocatalysts doped with F and Fe is
possible by an MW–hydrothermal treatment, which enhances photoelectric characteristics,
electron and hole separation, and visible light catalytic activity due to homogeneous crystal
structures and large specific surface areas [49].

The MW technique was recently used to prepare heterostructures like ZnSe/ZnO
(Figure 4), which have a high visible area adsorption efficiency [50]. A facile one-pot
MW-assisted synthesis also obtained metal-free In2S3/In2O3 nanosheets (Figure 5) [51]
effective in photocatalytic water splitting under blue LED light irradiation.

While MW-assisted synthesis is a valuable technique for producing nanomaterials,
it also has disadvantages, including the necessity for real-time reaction monitoring in
MW reactors, which makes reaction parameter optimization difficult, and scaling up for
commercial production.
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Figure 4. SEM images of ZnO heterostructures Z1 and Z2, synthesized with the microwave-assisted
hydrothermal method with zinc acetate and zinc nitrate as a source of Zn2+ ions, respectively, along
with the corresponding Se-containing ZnO heterostructures on Z1 and Z2 [50].

Figure 5. FESEM images of In2S3/In2O3 nanosheets synthesized at different concentrations of InCl3
at 150 ◦C for 30 min. The concentrations of InCl3 are (a) 2.5, (b) 5, (c) 10, (d) 20, and (e) 30 mM,
respectively [51].

2.2. Solid-Phase Synthesis

Solid-phase synthesis obviates the need for a liquid medium to produce NPs gener-
ated from solid precursors, addressing a significant constraint of liquid-phase synthesis.
This solution-phase approach allows for the dependable and reproducible synthesis of
nanomaterials with precise dimensions and configurations. However, the extensive use of
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solvents, capping agents, and additional separation procedures required for this method
leads to the generation of dangerous waste. It limits the scalability of the synthesis due to
its high costs.

Solid-phase synthesis has garnered attention due to its potential to produce NPs with
distinct features. The process often entails mechanical milling and solid-state processes
conducted in a controlled environment, such as an inert gas, to avoid oxidation or contami-
nation. Cooperative coprecipitation in the solid state can occur when precursor solids are
combined and heated to enhance reactivity, crystallization, and sol–gel processes using
solid precursors.

Notable disadvantages include restricted particle size and form control, high energy
demands, challenges in NPs aggregation, and a lengthy synthesis duration. However,
although solid-phase synthesis has several disadvantages, it is nonetheless a valuable, easy,
and cost-effective method for synthesizing NPs. This is especially true when combined
with other techniques or tailored for specific purposes.

Solid-state synthesis yielded a visible light-driven photocatalytic system verified for
model methylene blue decomposition based on ZnO nanoparticles, natural clay, and TiO2
nanoparticles [52]. The synthesis included mechanically grinding the components and cal-
cinating the mixture at 700 ◦C. Ni(OH)2-TiO2 nanocomposites (with a particle size of about
50 nm) with an acceptable degree of dispersion were designed and successfully synthesized
by facile, simple, and eco-friendly solid-state synthesis at room temperature [53].

2.3. Green Methods

Green synthesis processes use plant extrication, plant parts, bacteria, yeast, fungi, and
algae to create nanostructures [54]. These methods are cost-effective, pollution-free, and
easier to process than traditional methods. The green approach reduces environmental
damage and allows for the development of impurity-free nanomaterials. The synthesis of
ZnO-NPs using natural materials, such as microbes and plant parts, is advantageous due to
their phytochemical constituents acting as capping and reducing agents. Natural materials
reduce zinc to the zero-valance state, adding oxide through calcination. Moreover, zinc
ions in natural extract solutions form complexes with phytochemicals, and then through
hydrolysis, ZnO-NPs are formed. Thus, ZnO nanoparticles were effectively manufactured
via a green, straightforward, and environmentally acceptable method, wherein ethanolic
extract of O. europaea fruit waste served as a capping and reducing agent [55].

Microbes are another biological approach for preparing ZnO-NPs. However, this
technique has certain limitations in contrast to plant extract synthesis. It is essential to
screen the microbes, which is a time-consuming procedure [56]. Figure 6 shows a schematic
presentation of the green procedure for designing NPs from plant extract.

An excellent review of the biosynthesis of ZnO-NPs, its challenges, and potential
solutions has recently been reported [56].

The green synthesis of TiO2-NPs has been performed using several plant extracts
(Cicer arietinum L. extract, Aloe Vera leaf extract, Annona squamosa fruit peel, and Acan-
thophyllum laxiusculum). These plants contain a rich source of metabolites, making them
suitable for the rapid synthesis of NPs [57].

Bacterial extracts were employed to synthesize green TiO2-NPs. Bacterial metabolites,
similar to plant extracts, significantly impact the decrease and stability of TiO2. Lactobacillus
sp. and Saccharomyces cerevisiae mediated the biosynthesis of TiO2-NPs with an NP size of
8–35 nm. A biosynthesis mechanism influenced by pH and redox potential is proposed [58].

A recent study utilized bitter olive seeds and a sol–gel approach to make a nanocom-
posite of ZnO−TiO2 doped with iron ions [59]. The nano photocatalyst demonstrated
high efficacy in treating industrial wastewater samples, with a dye degradation efficiency
of over 75%. The device underwent successful semi-industrial testing, demonstrating its
effectiveness under UV and visible light.
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Figure 6. Schematic presentation of the sequential process of green synthesis for creating nanostruc-
tures from plant extract [56].

3. Most Common Methods for Enhancement of Photocatalytic Properties

3.1. Doping

Doping is the most frequently used approach for enhancing NMO electrical, optical,
and structural properties and altering their electrical, catalytic, optical, structural, and
magnetic properties to meet specific needs. It can be performed with metals and non-metals.

Many studies are based on doping the host lattice with rare earth element ions,
primarily due to their exceptional conductivity, magnetism, electrical characteristics, elec-
trochemical behavior, and luminescence. Among the many rare earth elements, ions like
Sm, Nd, La, Pr, Ce, Gd, etc., have the unique characteristic of having a half-filled shell
with 7f electrons, setting them apart from other elements. Rare earth elements exhibit high
conductivity due to incompletely filled 4f highly localized orbitals and are insulated by
the 5s2 and 5p6 orbitals in the outer shell. Jimkeli Singh and Chinnamuthu utilized the
combustion approach to produce Ce-doped CuO nanoparticles [60]. They found that with
an increased cerium concentration, crystallite size and band gap decreased. Ce dopants did
not affect the peak positions but reduced intensity. Ce (4 mol.%)-doped CuO NPs showed
the highest efficiency in the photocatalytic degradation of rhodamine and methylene blue
under solar irradiation [60].

TiO2’s limited absorption in the visible range is a challenge to overcome. Its wide band
gap absorbs only UV light, making photocatalysts for the whole solar spectrum exciting.
Doping TiO2 with transition metals, such as Fe, Sb, or Cr, can improve its response under
visible light, enhancing photocatalytic efficiency [61]. Plasmonic composites combining
TiO2 with highly dispersed Au nanoparticles can generate OH• radicals under visible light
illumination [62].

Non-metal doping offers advantages over metal doping, such as modifying photocat-
alytic NMOs without thermal instability or poor solubility. Incorporating nitrogen, carbon,
sulfur, fluorine, or iodine, possibly as quantum dots [63], is a more efficient way to lower
the band gap of TiO2 and increase photoactivity [63]. The red shift of the S-doped TiO2
absorption edge was explained with additional extrinsic electronic levels introduced by
sulfur doping. This extends the absorption edge to the visible light region [63].

One innovative application is developing nanocomposites with TiO2 and reduced
graphene oxide doped with nitrogen, which shows excellent results in CO2 photoreduc-
tion [64]. The enhancement of TiO2-based composite with a low carbon-based component
ratio for improved hydrogen generation via photocatalytic water splitting was reported [65].
Nitrogen-doped mesoporous TiO2 (TiO2-N) is a highly advanced photocatalyst with promis-
ing applications, showing a boosted visible light absorption due to shifting 2p orbital
levels [66].
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Recently, a trimetallic Cu-Mn-Fe silica-supported catalyst was prepared via direct syn-
thesis by incorporating magnetic Fe3O4 nanoparticles and active catalytic/photocatalytic
species (Cu and Mn) during the formation of the silica nanoparticles with interparticle
mesoporosity. In the silica support, the Fenton-like activities of the catalyst result from
the catalytic disproportionation of H2O2 by Cu2+ species and separated Mn species. The
catalyst showed a high efficiency in the homolytic cleavage of H2O2 to hydroxyl radicals.
Its effectiveness was further enhanced by the generation of hydroxyl radicals when exposed
to visible light, making it operate as a catalyst similar to photo-Fenton. Magnetic Fe3O4
NPs facilitate the separation of the catalyst/photocatalyst following the reaction without
affecting the catalytic/photocatalytic performance [67].

3.2. Heterojunction

Photocatalyst heterojunctions include amalgamating two or more distinct photocat-
alytic materials to create a junction that improves photocatalytic efficacy in destroying
organic pollutants. The principal impetus for forming heterojunctions is to leverage the
synergistic features of diverse materials, resulting in enhanced efficiency in light absorp-
tion, charge separation, and total photocatalytic efficacy. The fundamental principles of
photocatalyst heterojunctions encompass charge carrier dynamics: electron–hole pairs are
produced upon light absorption. The junction aids in segregating these charges, dimin-
ishing recombination rates and increasing the availability of charge carriers for chemical
processes. The electronic band structures of the constituent components are essential. An
advantageous band alignment (type II, p-n, etc.) can facilitate the effective transfer of
electrons and holes between the elements. Materials frequently employed in forming pho-
tocatalyst heterojunctions comprise TiO2, ZnO, CdS, g-C3N4, and metal oxides. Graphene
and carbon nanotubes, as carbon-based materials, can improve charge conductivity. Var-
ious techniques can be utilized to fabricate heterojunctions, including hydrothermal or
solvothermal procedures, sol–gel processes, and chemical vapor deposition.

Photocatalyst heterojunctions are promising for improving photocatalytic processes by
combining semiconductors with different band gaps. They enhance light absorption, charge
separation, and redox reaction kinetics. Type I heterojunctions promote electron–hole pairs,
while type II heterojunctions create an internal electric field, preventing recombination and
promoting redox reactions. Z-scheme heterojunctions combine type I and II, transferring
electrons to holes through a redox mediator (Figure 7). Conventional type II heterojunctions
reduce redox abilities, but Z-scheme heterojunctions have a distinct migration pattern,
addressing these drawbacks while maintaining a high reactive capacity.

Figure 7. Schematic presentation of (a) type II-based and (b) direct Z-scheme heterojunctions [68].

Due to conventional type II and Z-heterojunction limitations, Yu et al. proposed a
novel concept, the S-scheme heterojunction [69]. The S-concept consists of two n-type
semiconductor photocatalysts, PC I, and PC II, representing oxidation and reduction
photocatalysts, respectively (Figure 8b). A band-staggered combination of PC I and PC
II forms the heterojunction. When the semiconductors come into contact, electrons flow
spontaneously, bending photocatalysts B and A downward and upward. The internal
electric field prevents electron migration, enhancing photocatalytic reaction efficiency [70].
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Figure 8. Schematic presentation of charge transfer in type II heterojunctions (a) and direct S-scheme
(b) [69].

Hierarchical CeO2@Ni1–xCoxSe2 hollow spheres with an S-scheme heterojunction
have been recently reported to exhibit rapid charge/mass transport, exceptional visible
light absorption, superior activity, and excellent stability in photocatalytic CO2 reduction
with CO [71]. The photodegradation at the ZnO heterojunction was more efficient, oc-
curring 300% and 33% faster than the individual Bi2O3 and ZnO catalysts, respectively,
demonstrating a synergistic impact [72].

The selection of a synthesis technique for nano oxide particles is contingent upon
the application’s particular needs, encompassing particle size, morphology, distribution,
purity, scalability, and cost factors. Researchers must evaluate these advantages and
disadvantages to determine the suitable synthesis pathway for their intended use. Synthesis
methods can vary widely, each offering advantages and disadvantages depending on the
application, desired properties, and production scale. The pros and cons of the commonly
applied methods can be summarized as follows. The sol–gel method offers controlled
composition, homogeneity, and scalability for large-scale production. Still, it requires
longer processing times and may require additional heat treatment. Coprecipitation is
more straightforward, cost-effective, and quick but has limitations such as particle size
control and potential contamination. Hydrothermal and solvothermal synthesis offers
a high purity and crystalline quality but requires complex equipment and energy. Ball
milling has scalability and versatility but has limitations like contamination, morphology
control, and aggregation. Chemical vapor deposition produces high-purity and uniform
materials but requires complex setups, high temperatures, and energy. It is suitable for
thin-film applications but may require sophisticated setups and energy.

4. Metal Oxide Nanostructures and Photocatalytic Properties

4.1. TiO2

Because of its cost-effectiveness and structural characteristics, TiO2 (an n-type semi-
conductor) is the most intensively researched NMO for the photocatalytic breakdown of
organic contaminants. With a broad energy band gap ranging from 3.0 to 3.2 eV, TiO2 can
only be stimulated by UV radiation. Hence, the utilization of visible light or sunshine
is restricted.

The mechanisms of degradation of organic pollutants using TiO2 as a photocatalyst
proceed through the following steps: (a) adsorption onto the surface of TiO2; (b) photocat-
alytic degradation by oxidation–reduction reactions, including photogenerated electrons,
holes, and reactive species; and (c) desorption of the degradation outcomes. Organic dyes
undergo degradation through two distinct pathways: (1) the indirect and (2) the direct
pathway [73,74]:

1. The indirect pathway includes the indirect breakdown of dye molecules by gener-
ating potent oxidizing radicals following the absorption of UV radiation (Figure 9a). The
degradation comprises several discrete steps. The first involves photon excitation of an
electron from the valence band (VB) to the conduction band (CB) with energy equal to or
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higher than the band gap energy (Eg), leading to an electron–hole (e+/h+) pair generation
within the TiO2:

TiO2 + hν(UV) → TiO2(e−(CB) + h+(VB))

Figure 9. Schematic presentation of (a) indirect and (b) direct dye degradation mechanism on TiO2

photocatalyst surface [74].

Moreover, photogenerated holes at VB produce OH• by reacting with adsorbed
hydrogen formed by water ionization.

H2O(ads) + h+(VB) → OH˙(ads) + H+(ads)

OH• radicals are potent oxidizing agents capable of chemically oxidizing organic
molecules on the catalyst surface without selectivity, converting them into CO2 and H2O
via mineralization. Then, electrons in the CB are captured by adsorbed oxygen, forming
anionic superoxide radicals (O2

−•).

O2 + e−(CB) → O2−(ads)

The involvement of the superoxide ion in the following oxidation processes relieves the
recombination of electrons and holes, thereby preserving the electron neutrality of the TiO2
material. Moreover, the superoxide ions react with hydrogen ions to produce hydroperoxyl
radicals (HO2•), which are then transformed into hydrogen peroxide (H2O2). The hydrogen
peroxide subsequently decomposes to generate reactive OH•. Conventionally, oxidation
and reduction occur on the surface of the photoexcited semiconductor photocatalyst, such
as TiO2.

2HOO−(ads) → H2O2(ads) + O2

H2O2(ads) → 2OH−(ads)

Dye + OH− → CO2 + H2O (dye intermediates)

Dye + h+(VB) → oxidation products

Dye + e−(CB) → reduction products

2. In the direct mechanism (Figure 9b), the excitation of dye molecules by visible light
photons causes them to transition from their lowest energy state to an excited triplet state
(refer to the equation below). The dye species that has been stimulated undergoes electron
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transfer to the CV of TiO2, converting it into a semi-oxidized radical cation (Dye + ε).
Subsequently, the confined electrons react with the dissolved oxygen, forming superoxide
radical anions (O2

− ε), which produce hydroxyl radicals (OHε). The dominant role of
these radicals is to oxidize organic molecules.

Dye + hν → Dye*

Dye* + TiO2 → Dye+ + TiO2
−(CB)

TiO2
−(CB) + O2(ads) → TiO2 + O2

−• (ads)

Dye + O2−• (ads) → Degraded products

Despite its efficacy in photocatalysis, TiO2 has some disadvantages, which are outlined
as follows [75]: (1) limitations in the transfer of electron and hole pairs, with the likely re-
combination of these charge carriers within TiO2 leading to reduced photocatalytic activity;
(2) slow photocatalytic degradation rates due to the low adsorption of organic pollutants on
the TiO2 surface; (3) the aggregation of TiO2 nanoparticles, resulting from their instability,
which prevents effective light absorption at the active sites; (4) increased light scatter-
ing caused by TiO2 nanoparticles, which reduces photocatalytic activity; (5) difficulties
in the recovery and regeneration of the spent TiO2; and (6) the high band gap energy of
the initial TiO2 photocatalyst, which affects its energy efficiency compared to standard
heterostructure photocatalysts.

Diverse methodologies have been explored to augment its photocatalytic efficiency,
such as introducing metals or non-metals or simultaneously introducing many elements.
TiO2 exhibits semiconducting properties because its CB and VB consist of Ti 3d and O 2p
orbitals. Introducing dopants alters its electrical structure, wide band gap, and inherent
characteristics, leading to an expanded photoresponse within the visible spectrum. Both
metal ions and non-metal ions can enhance TiO2 photolytic performance. The doping of
TiO2 with noble metal ions, rare earth elements, and transition metals has been usually
reported. Nevertheless, there have been limited studies on doping TiO2 with alkali metal
ions, mainly due to their unexplored hydrophilicity and photocatalytic activity. Given the
higher cost of transition metals than alkali metals, recent research increasingly focuses on
alkali (Li, Na, K, Rb)-doped TiO2.

Lithium doping decreases the diameters of TiO2 NPs and alters their surface chemical
morphologies and structures. As-prepared photocatalysts with varying LiBr concentrations
show significantly improved methylene blue degradation efficiency and photocatalytic
activity under UV light [76]. Moreover, Li-doped TiO2 NPs exhibit enhanced photocatalytic
activity in methyl orange decomposition, causing the rutile crystal phase formation, lower-
ing the temperature needed to transition from the anatase to rutile phase, and triggering a
mixed-crystal phenomenon [77]. Anatase TiO2 nanotubes can be tailored by Na doping
at different concentrations, resulting in reduced band gaps that match the visible solar
spectrum. These nanotubes show the higher photodegradation efficiency of methylene blue
dye. An increased Ti4+ to Ti3+ reduction plays an active role in improving the photocatalytic
efficiency of the samples [78]. Doping TiO2 with K enhanced its optical properties. The
spectra demonstrated minimal absorption for pure TiO2 film in the visible region. The band
edge of the doped film was moved towards lower energy at 437 nm, increasing absorption.
The decrease in band gap was caused by a shift in the optical absorption from UV to visible
light and an increase in film thickness. TiO2 absorption extended well into the visible area
in the presence of a K dopant [79]. Rb doping enables a decrease in the NPs’ size, improving
the distribution of Rb-TiO2 nanoflakes and inhibiting the recombination of photogenerated
holes and electrons. These result in a degradation rate of up to 93% during one hour [80].

Doping with alkaline earth metals also enhances TiO2 photocatalytic activity. Mg-
doped NPs have superior activity in methylene blue degradation due to reduced band
gap energy and charge recombination [81]. Oxygen vacancies increase with Mg doping,
which is attributed to the difference in electronegativity and ionic radius between Ti and
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Mg. These vacancies act as electron acceptors, reducing the recombination rate of electron–
hole pairs [82]. Ca-doped TiO2 nanofibers improved performance in photodegrading
rhodamine B. The substitution of Ti4+ ions with Ca2+ ions, coupled with the introduction
of oxygen vacancies, reduces the recombination of electron–hole pairs, thereby improving
the photocatalytic efficiency of the nanofibers. Sr-doped TiO2 NPs are efficient in Brilliant
Green degradation under solar light. Sr doping increased the mesoporosity and surface
area, suppressing electron–hole pair recombination.

Non-metals like nitrogen, carbon, sulfur, iodine, and fluorine have been used as
dopants for TiO2, with nitrogen being particularly suitable due to its atomic size and low
ionization energy. Nitrogen doping reduces the band gap and mitigates electron and hole
recombination [83,84]. Sulfur doping enhances degradation efficiency, but the choice of
sulfur sources and preparation methods significantly influences S-doping efficiency [85–88].
Cationic doping replaces Ti with S4+ or S6+, while anionic doping replaces oxygen with S2–.
In cationic form, hydroxyl groups and photoinduced holes contribute to photocatalytic
activity, while in the anionic, electrons and holes contribute equally to the photocatalytic
process [86]. Carbon doping enables a photocatalyst to be effective under visible light.
Introducing carbon enhances photocatalytic activity by creating a new impurity energy
level above the valence band, reducing the band gap and allowing the photocatalyst to
absorb visible light.

The synergism between polyaniline and the TiO2 nanocomposite was examined as an
electrode system for use in dye-sensitized solar cells, both in the dark and under illumina-
tion with various metal phthalocyanine dyes. Cobalt phthalocyanine dye demonstrated a
superior conversion efficiency compared to the other phthalocyanine dyes studied [89].

The immobilization of TiO2 NPs onto suitable materials is also efficient in obtaining
a more effective and stable photocatalyst; owing to their structural characteristics, such
as a high surface area, stability, non-toxicity, and natural abundance, clay minerals are
widely used as supports. The degradation mechanism involves the adsorption of pollutant
molecules, followed by degradation through reactive oxygen species. The nanocomposites’
high porosity and extensive surface area enable the rapid conversion and mineralization
of the pollutants. The interlayer cations in the clay capture electrons while allowing
holes to participate in the oxidation process, reducing the recombination rate and thereby
improving photocatalytic activity compared to pure TiO2. Furthermore, the clay enhances
the reusability of the photocatalyst by facilitating its separation from the reaction mixture.
Various clay minerals, montmorillonite, bentonite, kaolinite, smectite, and vermiculite,
efficiently support TiO2 NPs [90–94].

4.2. ZnO

ZnO (an n-type semiconductor with a band gap of 3.37 eV) is recognized as an ad-
vantageous photocatalyst due to its high stability, non-toxicity, environmental friendliness,
and cost-effectiveness [95,96]. However, its wide band gap and rapid recombination rate of
electron–hole pairs limit its photocatalytic effectiveness. Doping with metals or non-metals,
incorporating noble metals, combining it with narrow band gap semiconductors, or sup-
porting ZnO on various solid materials overcomes these limitations. Ba2+ ions introduced
into the ZnO structure increased the surface area 14 times and improved hydrophilicity [97].
A positive correlation was observed between the surface hydrophilicity and the increased
defectivity of the doped sample (Figure 10). The increased affinity with water is crucial for
the better photocatalytic activity of the doped sample over the undoped one. Moreover,
doping with Ba reduced photo corrosion and enhanced the stability of the sample when
exposed to radiation.
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Figure 10. Shape of water drop on ZnO and Ba-doped ZnO (BZO) for static contact angle measure-
ments in the dark (a,b) and after 10 min exposure to UV light irradiation (c,d) [97].

Doping ZnO with Fe creates sub-band states within its band gap, enhancing pho-
tocatalytic efficiency. The choice of doping element depends on electronegativity and
the difference between dopant ionic radius and Zn2+ radius. Fe is a preferred element
due to its chemical stability and ion radii. Fe-doped ZnO NPs showed efficacy as visible
light-responsive photocatalysts [95,98]. Cr3+ has an ionic radius comparable to that of Zn2+,
which was utilized to synthesize highly efficient photocatalysts [99,100]. The observed
efficacy is ascribed to the existence of Cr3+ and Cr2+, which augment the surface oxygen
vacancies and alter the band gap of ZnO [99,100]. A similar effect was reported for Mn2+

and Mn3+, which substituted Zn2+ within the lattice of ZnO [101]. The presence of Ni2+ in
the ZnO crystal lattice led to a distortion of the lattice due to the discrepancy in ionic radii
between Ni and Zn cations. The distortion increased vacancy defects within the ZnO’s
structure, impacting its optical and photoluminescence properties [102].

A band gap analysis showed a notable band gap (Eg) reduction with increasing Ni
concentrations in ZnO lattice ZnO [103]. The influence of Ni presence on the degradation
of methylene blue under blue laser light irradiation was proved (Figure 11).

Figure 11. Diagram illustrating the impact of Ni doping on the ZnO nanostructure on the breakdown
of methylene blue. Pure ZnO is on the left, and Ni-doped ZnO is on the right [103].

S-doped ZnO has an improved efficiency, which can be ascribed to an increased
presence of oxygen vacancies. The photoactivity of ZnO doped with S and N was higher
than that of C-doped ZnO in the degradation of methylene blue under UV–visible light.
This behavior was attributed to the smaller crystallite size, lower band gap energy, and
broader pore-size distribution resulting from S and N dopants [104].

The coupling of ZnO with other semiconductors to enhance its photocatalytic activity
has also been explored. In this context, p-type oxides such as NiO and CuO are suitable
for forming p–n heterojunctions with ZnO. This approach offers several benefits: (a) a
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reduced recombination rate of electron–hole pairs; (b) the creation of narrow band gaps,
which enhances visible light absorption; and (c) improved reusability with minimal loss
in performance [105]. The primary mechanism for the enhanced photocatalytic activity is
attributed to the more efficient separation of photogenerated charge carriers facilitated by
the internal electric field at the ZnO/NiO interface. Photocatalytic studies conducted by
Chen et al. revealed the formation of an internal electric field at the core–shell structure
of the n-ZnO/p-NiO interface, which significantly enhanced the photocatalytic activity
for the degradation of methylene blue under UV irradiation [106]. CuO/ZnO (Figure 12)
involves various radical reactions, including N-deethylation, decarboxylation, deamination,
dealkylation, chromophore cleavage, and ring-opening in the degradation process of
Rhodamine B. It was suggested that O2•− is a crucial reactive species in the degradation
process [107].

Figure 12. Schematic representation of the energy band diagram of the photodegradation process by
CuO/ZnO nanocomposite [107].

The immobilization of ZnO NPs on porous materials like cellulose, clays, zeolites,
and graphene oxides significantly enhances photocatalytic activity in reducing organic
pollutants. The porous supports act as electron acceptors, improve adsorption, and generate
oxygen vacancies in the ZnO lattice, extending its activity into the visible light spectrum.
However, the ZnO content should be optimized to prevent aggregation [108–118].

4.3. CuO

CuO (a p-type semiconductor with a band gap of 1.2 to 2.1 eV) is effective in the
visible range of the electromagnetic spectrum; however, its main drawback is the recom-
bination between photogenerated electron–hole pairs, which reduces the efficiency of
photocatalytic reactions. Zn-, Fe-, and Mn-doped CuO nanosheets are promising photo-
catalysts for the photodegradation of several organic dyes, since the doping induces a
shift in the optical band gap, enhances visible light absorption, and reduces electron–hole
recombination [119,120].

Combining CuO with other semiconductors yields an effective heterojunction material
suitable for the photocatalytic degradation of different organic pollutants [121]. CuO/ZnO
nanocomposites with a p–n heterojunction contribute to effectively separating the active
charged ions, substantially reducing the recombination rate. A CuO/NiO photocatalyst
with a p-p isotype heterojunction showed superior degradation activity under visible light
due to superoxide and hydroxyl radicals, which are the primary reactive species involved
in degradation [122,123].

CuO-supported graphene oxide has shown exceptional efficiency in reducing organic
pollutants, thanks to synergistic effects with reduced graphene oxide properties [124]. The
photocatalyst effectively degrades cationic methylene blue and anionic Congo red under
visible light irradiation. Reduced graphene oxide creates a conductive network, enhanc-
ing charge transport. CuO-supported clays and clay minerals (bentonite, kaolinite, and
montmorillonite) efficiently degrade several organics under sunlight [125–127]. Radicals
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•O2− and •OH are vital in the degradation process of cationic dye, methylene blue. The
photocatalytic process involves dye adsorption by montmorillonite and CuO, facilitated by
electrostatic attraction, Lewis’s base interaction, and hydrogen bonding. Various cations in
montmorillonite exchange with cationic dye, and metal complexation occurs between dye
electron-rich functional groups and Al3+ from the montmorillonite skeleton (Figure 13).

Figure 13. Schematic presentation of methylene blue degradation by CuO-supported montmoril-
lonite [127].

4.4. Fe2O3

There are various kinds of iron oxide, including hematite (α-Fe2O3), maghemite (c-
Fe2O3), and wustite (FeO). The most appealing mineral is hematite, α-Fe2O3. It has a small
band gap energy of 2.1 eV and demonstrates excellent sensitivity to visible light. It is
inexpensive, non-toxic, and chemically stable in water solutions. Its primary disadvantages
are low electrical conductivity and absorptivity, leading to a high charge recombination
and low photoactivity [128]. Additionally, the hydrophobic surface causes hydrophobic
interactions between particles, promoting particle agglomeration and reducing the surface
area [129]. Recently, it was reported that hematite impurities in clinoptilolite-rich tuff are
responsible for the photolytic degradation of methylene blue under visible light [130].

Modifying the surface of Fe2O3 nanoparticles with Ag nanoparticles enhances their
photocatalytic effectiveness in breaking down azo dyes under sunlight irradiation from
20% to 99%. Significantly, the Fe2O3 NPs doped with Ag are exceptionally stable and
environmentally friendly, showing no signs of poisoning or photo-weathering [131]. The
proposed photocatalytic process (Figure 14) involves the role of Ag NPs in capturing the
photogenerated e− by acting as an electron absorber, therefore inhibiting charge conduction
recombination.

Figure 14. Mechanism of photocatalytic degradation of azo dyes using Ag–Fe2O3 NPs [131].

Ti- and Al-doped Fe2O3 exhibit significantly improved photocatalytic degradation
of methyl orange compared to undoped Fe2O3 NPs [132]. The enhanced photocatalytic
performance is attributed to grain refinement and the doping effect of Ti4+ and Al3+.
The Co(II) doping favors the growth of α-Fe2O3 and suppresses the growth of γ-Fe2O3.
The doping narrows the band gap [133]. The doping of Cr(III) in α-Fe2O3 contributes
to the ultrafast degradation of Congo red [134]. The doping of chromium influenced
the significant factors responsible for the photocatalytic activity, the increase in range
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of absorbance, increased e−/h+ pair separation, improvement in the charge transfer
process, and active site formation, which significantly enhanced the degradation process.
The optical band gap energy of α-Fe2O3 NPs slightly decreased after V4+ doping ions.
Weak ferromagnetic behavior due to canted surface spins and the reduced coercivity
and remanence after doping of V4+ ions is attributed to the creation of oxygen defects.
Doped NPs showed a maximum of 92% photocatalytic degradation efficiency within
180 min. This was made possible by traps or defect states induced by V substitution, in
addition to the band gap reduction of α-Fe2O3 NPs [135]. Moreover, incorporating Y3+ ions
triggered the formation of novel energy levels [136]. The presence of d-level electrons in
hematite can elevate the valence top, decreasing the optical band gap and increasing the
absorption intensity of visible light. Excited electrons can readily transition from the VB to
the conduction band (CB) and can be immediately absorbed by the energy level produced
by Y3+. Such action will impede the recombination of photogenerated electrons and holes,
expediting the electron and hole separation process. Furthermore, the electrons will be
transported to the surface of the photocatalyst to undergo a reaction with O2 and generate
•O2− (Figure 15).

Figure 15. Photodegradation of methylene blue by Y-doped Fe2O3 [136].

In due course, more h+ ions will remain on VB to engage in reactions with H2O
molecules, resulting in the formation of •OH. This radical is widely recognized as the
primary reactive species in the photocatalytic degradation process, improving the photo-
catalytic efficiency of hematite.

Recently, a theoretical study found that graphene-supported hematite with carbon
vacancies has a nearly zero band gap, facilitating charge carrier transport to the surface.
This improved carrier transport and catalysis benefit water splitting, a higher photocurrent
density, and solar-driven water oxidation reactions [137].

4.5. Ag2O

Silver(I) oxide (a p-type semiconductor) is receiving growing interest among semi-
conducting metal oxides. The narrow band gap (1.2 eV) of Ag2O makes it well suited
for application as a visible light photocatalyst. Yet, its sensitivity to light and fast recom-
bination of electron–hole pairs generated by light significantly restrict its potential as a
stable photocatalyst [138]. The morphology and dimensions of the particles modulate the
photocatalytic characteristics of Ag2O. The particle size can control the surface energy,
resulting in a hydrophobic level or a superhydrophobic particle if the grain dimension
meets roughness requirements. Ag2O’s wettability can be controlled by adjusting its crystal
size during crystallization. Utilizing Ag2O to photodecompose floating organic substances
on the water surface is challenging. To overcome this, an attempt was made to prepare
hydrophobic and oleophilic Ag2O. The floatable superhydrophobic Ag2O photocatalyst
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can effectively treat oil-based pollution and avoid switchable wettability under sunlight
irradiation [139]. Its stable superhydrophobic status under illumination allows it to be used
in various real-world scenarios, including as a high-performance photocatalyst for local
oil degradation.

The crystal study of Ag2O revealed that surfaces (100), (110), and (111) are especially
susceptible to damage, and alterations in their surface shape had a substantial impact on
the oxide’s activity [140]. Its photosensitivity and unstable nature limit the photocatalytic
activity of Ag2O in light, which leads to photoreduction, producing O2 and Ag metal,
diminishing its functionality [141].

Ag2O/rectorite nanocomposites showed remarkable stability in photocatalytic degra-
dation under visible and NIR light. The radical-trapping experiment revealed that •O2

− is
an active radical species participating in the photocatalytic breakdown of contaminants
when exposed to visible light and NIR irradiation. The short energy band gap of Ag2O in
the nanocomposites resulted in a significant absorption of visible and NIR light during the
degradation of dyes. The rectorite integrated into the nanocomposites offered highly effec-
tive active sites for the photo-adsorption process, enhanced electron and hole separation
characteristics, and successfully prevented charge recombination [140].

4.6. SnO2

At ambient temperature, tin oxide is a particular n-type metal oxide semiconductor
with a band gap of 3.6 eV. It combines a high electrical conductivity and optical transparency.
Having its qualities adjustable by size and shape alteration, it offers a broad variety of
applications. It is extensively used as a gas sensor material because of its sensitivity
to different gases [142]. Recently, SnO2 NPs have been used for photocatalysis because
of their lack of toxicity, environmentally friendly nature, and chemical stability [143].
Nevertheless, the effective implementation of SnO2 nanoparticles as a photocatalyst is
hindered by their broad band gap and elevated electron and hole recombination rate. The
limited duration of electron and hole propagation diminishes the effectiveness of SnO2
photodegradation. Due to its broadband gap, it exhibits reduced sensitivity to visible
light-induced photocatalytic activity.

A recent investigation indicated that the photoluminescent properties of small nanopar-
ticles (approximately 6 nm) are affected by the heating regime used during their production.
The properties of SnO2 dried at ambient conditions and SnO2 dried under vacuum exhibit
noteworthy differences. The former demonstrates more significant UV–Vis absorption
throughout the range of wavelengths, a larger Urbach energy, and a smaller band gap,
suggesting a higher concentration of defects (‘Sn’ vacancies). Vacuum drying effectively
enhances the crystallinity of SnO2. Considering its small energy gap and many defects,
the first material demonstrates satisfactory degrading properties of methyl orange dye
when exposed to UV and visible light [144]. Experimental studies show that the structural,
electrical, and optical characteristics of SnO2 alter by introducing foreign atoms (X—Fe, Pt,
Sb, Zn, Bi, Mg, F, Mn, Eu3+, Al, Ti, Co). Doped with various metals and transition metal
ions, SnO2 exhibits exceptional electrical, optical, and electrochemical activities. Surface
flaws occur as a consequence of dopants reducing the band gap. Profound variations in
lattice characteristics and the absorption peak result in substantial differences in X-ray
diffraction patterns between doped and undoped SnO2. Doped SnO2 exhibits improved
absorption capacity in the visible light spectrum due to incorporating flaws and oxygen
vacancies through doping [145]. X-doped SnO2 exhibits a distinct band gap compared to
both pure SnO2 and the dopant (x) because of their conduction band (CB) and valence
band (VB) interaction. The conduction band (CB) and valence band (VB) in dopant and
SnO2 exhibit a band disposition determined by the specific band gap. The band gap of the
x-doped SnO2 composite promotes the efficient partitioning and movement of the electrons
and holes produced by light absorption. Under visible light, the photogenerated electrons
in an x-doped SnO2 nanocomposite are stimulated from the valence band of the dopant
and moved to the conduction band of SnO2 [145]. The photogenerated holes, in contrast,
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are stored in the VB. The extended lifespan of the excited electrons and holes is attributed
to the transfer process (Figure 16B)). An expected consequence of electron transfer from the
CB of SnO2 to the CB of the doping material is inhibiting the reverse interaction between
the photogenerated charge carriers (e−/h+). Recombination significantly reduces the pho-
togenerated charge carriers, leading to photodegradation according to the method. The
prevention of the recombination of photogenerated electron and hole pairs (e−/h+) can be
achieved by doping SnO2. This phenomenon enhances the photocatalytic efficiency of the
photocatalyst when exposed to visible light. Upon rapid reaction, the electrons produce
radicals that subsequently break down or oxidize the organic contaminants [145].

Figure 16. A schematic presentation of (A) the general mechanism of the SnO2-based photocat-
alytic process and (B) the representation diagram of the electron transmission and the formation of
degradation products by doped NPs [145].

For Fe-doped SnO2, a recent report shows that doping causes (1) intermediate energy
levels within the band gap created around the lower end of the conduction band; (2) this,
in turn, enhances the separation of carriers and the dynamics of transformation; (3) the
Fe-induced active sites play a crucial role in the adsorption and activation of the organic
pollutant; (4) the oxygen vacancies have a role in both the adsorption and activation of
O2 and serve as dopant centers to decrease recombination and improve the separation of
photoinduced electron–hole pairs [146].

Recent studies have shown that non-metal dopants, including nitrogen, carbon, sulfur,
and fluorine, alter the band gap of SnO2 by replacing the valence band, leading to an
increase in oxygen vacancy defects on the nanoparticles’ surface. Due to relatively small
dimensions, C, F, O, and N diffuse through the lattice interstices and bind to the atoms via
oxidation. Carbon is an ideal choice for non-metal dopants, particularly in semiconductors,
due to its comparatively high mechanical strength, well-developed chemical resistance, and
distinctive electrical characteristics. Moreover, doping can result in an increased generation
of OH radicals, thereby enhancing the effectiveness of organic pollutant breakdown. This
phenomenon can be elucidated because dopants will serve as electron hunters, thereby in-
hibiting the recombination of e−/h+ pairs. Consequently, the hole (h+) of the photocatalyst
will be liberated [147].

Doping the metal oxide with semiconductors of either a narrow or wide band gap
can significantly improve its photocatalytic efficiency. Tin dioxide (SnO2) semiconductors
are extensively employed with TiO2 semiconductors. A composite material consisting
of SnO2/TiO2 nanotubes with different SnO2 concentrations exhibited enhanced methy-
lene blue absorption on the catalyst surface, leading to heightened metal oxide catalytic
activity [148].
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The surface modification of SnO2 NPs can improve dispersion, luminescence, and
mechanical properties. Chemical treatment with coupling agents affects the NPs’ physical–
chemical properties. Modified SnO2 synthesized using grafting polymerization shows
long-term durability and improved dispersion in the organic matrix. Ligand molecules
are capping agents that prevent nanoparticle aggregation and control growth. Coating
metal oxide nanoparticles with polymeric ligands improves their stability due to steric and
electrostatic forces. However, the coating can also obstruct photocatalysis [149].

4.7. WO3

Nano-structured WO3 is a promising n-type semiconductor oxide because of its
suitable band gap (2.6–2.8 eV), thus making it the second most searched photocatalyst
activated under visible light. Due to its nontoxicity, affordability, high purity, long-lasting
stability in different electrolytes, photosensitivity, and resistance to photo corrosion, it is of
increasing interest. Compared to TiO2 and ZnO, WO3 offers benefits such as a more limited
energy gap and a broader spectrum of light that can be absorbed. Its exceptional response
properties to visible light, which constitutes over half of solar radiation energy, make
it an ideal photocatalytic material. Metal–organic framework (WO3) crystals are found
in several forms, such as monoclinic, triclinic, orthorhombic, tetragonal, and hexagonal
phases. At ambient temperature, monoclinic, triclinic, orthorhombic, and hexagonal phases
are stable [150].

WO3 has been extensively studied for its role in removing contaminants, reducing
CO2, and splitting water. However, the precise tuning of performance and morphology is
necessary for specific applications [150]. Designing a WO3-based photocatalyst tailored for
each application could be essential for optimal effectiveness.

Modifying its morphology is crucial to enhancing WO3 efficiency, and a comprehensive
investigation is needed to understand the consequences of WO3 morphological properties.
Morphology plays an essential role in photocatalytic performance, as it exposes active
crystal surfaces, increases surface area, and shortens transport distance. The regulation of
morphology in photocatalytic materials is an effective policy that advances photocatalysis
(Figure 17).

Figure 17. SEM images of different morphologies of WO3 NPs: (a) nanotrees, (b) nanowires,
(c) nanoplate array films, (d) hollow nest-like structure, (e) nanoroads, (f) nanosheets, (g) nanotubes,
(h) needle-shaped nanorods, (i) quantum dots [150].
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The surface properties significantly influence photocatalytic performance, with ex-
posed crystal planes playing a crucial role in photocatalytic reactions. A near-perfect
octahedron WO3 was synthesized [151]. A thin tungstic acid layer covered this unique
octahedron, significantly affecting its adsorption ability (Figure 18). The bounding {111}
planes are likely not the lowest energy surfaces, and the tungstic acid covering helped
stabilize the octahedron morphology. The as-prepared octahedra exhibits high visible-light-
driven photocatalytic reducibility. They can remove Ag+ ions in the photoprocessing of
wastewater [151].

Figure 18. (a) XRD pattern and (b) SEM images of octahedral crystals (the asterisks represent
diffractions corresponding to H2W1.5O5.5H2O) [151].

Moreover, doping is probably one of the most efficient approaches for enhancing WO3
efficiency, improving light absorption, and reducing recombination rates. The electrocat-
alytic and photoelectrochemical activity of WO3 changes non-monotonically with the Mn
or V doping concentration due to local changes in the reduced nature of WO3 and the
formation of oxygen vacancies. The improved activity arises from fine-tuning the electronic
structure and lessened free energy for atomic hydrogen adsorption. For photoelectrochemi-
cal water splitting, the photocurrent density increases from 0.61 mA cm2 for the undoped
WO3 to about 1.38 mA cm2 and 2.49 mA cm2 for optimal Mn and V doping, respectively.
Mn/V doping transforms WO3 semiconductors into degenerate semiconducting materials
with an improved metallic nature and suitable Gibbs-free energy [152].

Photocatalytic activity can also be enhanced by loading noble metals onto the WO3.
Although Au nanoparticles distributed on the WO3 surface do not alter the selectivity
of methylene blue photodegradation, they break methylene blue at a higher rate than
the original WO3 [68]. The increased photocatalytic activity has been ascribed to the
improved separation of electron–hole pairs following the excitation of WO3 at its band gap.
Photogenerated holes in the CB of WO3 are transported to Au, which has a lower Fermi
level, under visible light. These holes directly contribute to methylene blue’s oxidative
degradation, boosting the photocatalyst’s photocatalytic activity.

g-C3N4/CQDs/WO3, a combination of graphite-like carbon nitride (g-C3N4), WO3,
and carbon quantum dots (CQDs) obtained by Z-scheme heterojunction, was tested for
the depolymerization of lignin. The photocatalyst demonstrated a promising effect on
depolymerizing four types of lignin, while effectively reducing the recombination rate
of photogenerated carriers. The addition of CQDs expanded the light absorption range
and improved the mobility of photogenerated carriers. An innovative approach for the
highly selective cleavage of lignin C-C bonds was designed through heterojunction engi-
neering [153].

A WO3/Ag3PO4 composite showed improved photocatalytic performance and stabil-
ity, ascribed to its direct Z-scheme heterojunction structure and the synergistic interaction
between WO3 and Ag3PO4. This combination enables the effective separation of electrons
and holes and increases the conversion efficiency of light energy. Upon exposure to visible
light, the photoexcited electrons in the CB of WO3 and the retained holes in the valence
band of Ag3PO4 rapidly merge (Figure 19). Furthermore, the photogenerated holes in the
VB of WO3 greatly influence the oxidation reaction [154].
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Figure 19. Proposed mechanism for the photodegradation of methylene blue (MB) and methyl
orange (MO) in the direct Z-scheme charge carrier transfer process at the WO3/Ag3PO4 composite
interface [154].

Bare WO3 displays a low photocatalytic performance because of the poor charge sepa-
ration efficacy of its generated charge carriers. Graphene sheets are a promising material
for charge transfer mechanisms. Reduced graphene oxide (RGO) enhances photogenerated
electron transmission between graphene and MO semiconductors and enhances photo-
catalytic activity. A significant increase in O2 production was reported for RGO/WO3
compared to pristine WO3 [155]. This improved the light absorption capability and utiliza-
tion of electron–hole pairs in hybrid RGO/WO3 nanoplates.

The photocatalytic effectiveness of the ternary photocatalyst (NH2-GO/ZnO-WO3)
is superior in the degradation of several organic dyes when exposed to UV light. The
improved photocatalytic efficiency mainly results from the low recombination rate of
photoactive electron-hole pairs, the small energy band gap, and the extensive surface
area of the ternary composite. Including lone pair electrons in the amino group forms a
negatively charged surface composite. This, in turn, facilitates a favorable interaction with
cationic dyes, which critically enhances the photocatalytic activity (Figure 20). The ternary
nanocomposite NH2-GO/ZnO-WO3 has a suitable photocatalytic activity for degrading
organic dyes often employed in industrial applications [156].

Figure 20. Schematic presentation of methylene blue (MB) photodegradation mechanism by NH2-
GO/ZnO-WO3 composite [156].

A summary and comparison of the photocatalytic capabilities of various NMO-based
photocatalysts are presented in Table 1.
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Table 1. Photocatalytic properties of several NMO-based photocatalysts.

Photocatalyst Model Pollutant
Operational Conditions (Light Type/C0/Photocatalyst

Amount)
Efficiency,

%
Reaction

Time, min
Reference

Rb-doped TiO2 Methylene blue UV light/10 ppm/0.4 g dm–3 97 60 [80]
Ca-doped TiO2 Rhodamine B UV light/1 × 10−5 mol dm–3/1.2 g dm–3 95 100 [81]

TiO2-pillared clay Phenol UV irradiation/50 ppm/2.0 g dm–3 97.4 120 [93]
Fe-doped ZnO Acid orange 7 Visible light/10 ppm/1.5 g dm–3 52 180 [98]

Cu-Ni co-doped ZnO Indigo carmine dye Visible light/100 ppm/1 g dm–3 93.3 60 [96]

CuO Methylene blue
Malachite green Visible light/10 ppm/50 mg 62

70
270
30 [119]

Zn-CuO Methylene blue
Malachite green Visible light/10 ppm/50 mg 66

85
270
30 [119]

Fe-CuO Methylene blue
Malachite green Visible light/10 ppm/50 mg 66

90
270
30 [119]

Mn-doped CuO Rhodamine B Visible light/10 ppm/5 mg 93.8 90 [120]

CuO-ZnO Tetracycline Ciprofloxacin Natural sunlight/25 ppm/30 mg 94
93 50 [121]

CuO-NiO Cefixime Sunlight/15.22 ppm,/1 g dm–3 90 180 [122]
CuO-montmorillonite 30 Methylene blue Visible light/10 ppm/0.02 g dm–3 98 40 [127]

Fe2O3
Orange-II

Reactive red 120 Direct natural solar light irradiation/20 ppm/1 g dm–3 23
20 120 [131]

Co-Fe2O3
Orange-II

Reactive red 120 Direct natural solar light irradiation/20 ppm/1 g dm–3 34
27 120 [131]

Cu–Fe2O3

Orange-II
Reactive red 120 Orange-II

Reactive red 120
Direct natural solar light irradiation/20 ppm/1 g dm–3 81

71 120 [131]

Ag–Fe2O3
Orange-II

Reactive red 120 Direct natural solar light irradiation/20 ppm/1 g dm–3 97
99 120 [131]

Cr-Fe2O3 Congo red dye Sunlight/30 ppm/30 mg dm–3 95.2 15 [134]
Fe-SnO2 Ciprofloxacin UV light/10 ppm/50 mg 98.2 120 [146]

SnO2-clinoptilolite Methylene blue Visible ligh/10 ppm/0.2 g dm–3 45.0 180 [134]

4.8. Kinetics and Thermodynamics of Photodegradation

Kinetic studies on the photocatalytic degradation of organic compounds have been
recorded in the literature, providing substantial evidence to clarify the process and its effec-
tiveness. The Langmuir–Hinshelwood and pseudo-order kinetic models have frequently
been assessed. The L–H model correlates effectively with the literature’s experimental
kinetic data about photocatalytic degradation. The photodegradation of methylene blue
utilizing ZnO nanoparticles [157] indicated that the Langmuir–Hinshelwood model had
a more favorable correlation with the experimental results than other models. The pho-
todegradation of 2-chlorophenol using TiO2 followed the Langmuir–Hinshelwood model,
demonstrating a strong correlation coefficient (R2 = 0.987) [158]. Moreover, the L–H model
offered a more accurate representation than first-order kinetics for the photodegradation of
amoxicillin using activated carbon-supported TiO2 nanoparticles [159]. Tran et al. showed
that only a limited number of research studies have successfully applied the pseudo-second
model for photodegradation to date [160].

The thermodynamic driving force for photocatalysis is the alteration in Gibbs free
energy (ΔG) of electron and hole systems in semiconductors due to light stimulation.
Temperature does not influence the Gibbs free energy of semiconductors, so it cannot
elicit the photocatalytic effect. A fundamental relationship between thermodynamics and
kinetics is present in photocatalysis, with external factors such as organic species, light
intensity, and temperature affecting the photocatalytic rate by influencing the thermody-
namic driving force [161]. A recent investigation of the photodegradation of methylene
blue by nanoparticles indicated that the reaction is spontaneous and endothermic [162],
just as in the photodegradation of the dyes rhodamine B and alizarin R. The isotherm
data were most accurately fitted to a Freundlich isotherm [163]. A recent study shows
that photodegradation reactions facilitated by nickel manganite NPs are spontaneous and
driven by entropy, advancing favorably at elevated temperatures [164].

5. Conclusions

Metal oxide-based photocatalyst systems have shown significant progress, but many
challenges and opportunities remain to be explored. Most of the research on the pho-
tocatalysts is focused on powder materials. The synthesis of these powder materials in
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large quantities is complicated, and their respective recycling for real-time applications
is also quite tricky. Moreover, the toxicity of the intermediates in the reaction is not
easily predictable.

A comprehensive understanding of the charge transport process is essential to improv-
ing the activity of NMO-based photocatalysts. Heterogeneous photocatalysis is considered
viable for degrading organic pollutants more effectively than conventional approaches.
However, significant efforts are needed to overcome challenges such as understanding
degradation mechanisms and nanostructure development.

NMO photocatalysts face challenges such as deactivation, cost, scalability, photo-
stability, and charge carrier dynamics. Regeneration usually requires harsh conditions
or chemical treatments, while synthesis can be expensive, especially for rare or precious
metals. Long-term usability is affected by UV or visible light irradiation, and the fast
recombination of charge carriers can lower efficiency. Accordingly, future perspectives
must include material innovation, doping and defect engineering, advances in synthesis
techniques, and integration with other technologies. Expanding our understanding of pho-
tocatalytic mechanisms at the nanoscale and addressing potential environmental impacts
are also crucial for a successful application. A deep understanding of active sites, carrier
transport paths, and carrier life on surfaces, interfaces, and nanostructures is also necessary.

Finally, a further challenge lies in translating laboratory-level research on NMO NP-
anchored photocatalysts into commercially viable tools to meet the requirements for the
practical use of solar energy in environmental cleaning and renewable energy.
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Abstract: In recent years, due to the high consumption of drugs both for human needs and for
their growing use, especially as regards antibiotics, in the diet of livestock, water pollution has
reached very high levels and attracted widespread attention. Drugs have a stable chemical structure
and are recalcitrant to many treatments, especially biological ones. Among the methods that have
shown high efficiency are advanced oxidation processes (AOPs) which are, among other things,
inexpensive and eco-friendly. AOPs are based on the production of reactive oxygen species (ROS)
able to degrade organic pollutants in wastewater. The main problem related to the degradation of
drugs is their partial oxidation to compounds that are often more harmful than their precursors. In
this review, which is not intended to be exhaustive, we provide an overview of recent advances in
the removal of organic drugs via advanced oxidation processes (AOPs). The salient points of each
process, highlighting advantages and disadvantages, have been summarized. In particular, the use
of AOPs such as UV, ozone, Fenton-based AOPs and heterogeneous photocatalysis in the removal
of some of the most common drugs (tetracycline, ibuprofen, oxytetracycline, lincomycin) has been
reported.

Keywords: drug degradation; advanced oxidation processes (AOPs); reactive oxygen species (ROS);
heterogeneous photocatalysis; Fenton-based AOPs; sulfate radical-based AOP

1. Introduction

Water is a fundamental need of human beings, and its main sources are rivers, lakes,
aquifers and the desalination of seawater which, however, is exploited in a more limited
way. With population growth and industrialization, almost all water sources are con-
taminated mainly by agricultural and industrial waste. As a result, one of the biggest
problems facing humanity in the 21st century may be the sustainable use of water. For
the remediation of water pollution, scientific society is attracted to the development of
sustainable and green technologies [1].

Due to the rapidly growing demand for various products to treat humans and animals,
pharmaceutical companies are expanding significantly. Molecules of pharmacological
importance present in drugs are widespread in the environment [2,3]. In seawater, lakes,
rivers, surface waters, urban wastewater and drinking water, their concentrations have
been found to range between ng and μg per liter [4–6]. Furthermore, it must be kept in
mind that, due to their presence, synergistic interactions can occur in these water systems
which generally significantly increase ecotoxicity [7].

In this context, drug metabolites are not completely removed, which can increase
the concentration of drugs in wastewater from treatment plants [8]. Drugs are difficult
to remove from water systems through traditional wastewater treatment methods due
to their particularly stable structure which hinders their complete degradation and their
high hydrophilic properties [9,10]. Traditional methods such as biological treatment [11],
adsorption [12], nanofiltration [13] and membrane bioreactors [14] have been used for
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their removal, but these methods are often not very efficient and/or give rise to a transfer
of the pollutant rather than its total abatement. Therefore, alternative technologies have
been developed.

Among the different methods for drug removal, advanced oxidation processes (AOPs)
can be considered economical, flexible and highly efficient methods for destroying persis-
tent organic molecules [15,16]. AOPs are generally known for in situ production of strongly
oxidizing species in sufficient quantity and low selectivity such as hydroxyl radicals (HO•),
O3, H2O2 and superoxide anion radicals (O2

•−). These species almost always cause com-
plete mineralization to CO2, H2O and inorganic compounds of the attacked molecule and,
under certain operating conditions, could be preferred from an environmental point of
view [17]. For example, they are highly effective in providing clean drinking water free of
organic and inorganic substances and microorganisms [18]. The main advantage of AOPs
compared to other available methods, however, is that they are completely ecological not
only because they do not involve the removal of pollutants from one place to another (think
for example of the precipitation of pollutants by chemical substances or their adsorption)
but also because they do not produce large quantities of harmful waste [19,20].

Research progress on AOPs has increased significantly over the last 30 years, mainly
due to the availability of a significant variety of technologies and numerous application
areas. Among the main AOPs, we can mention ozonation, electrolysis, ultrasound, the use
of Fenton reagents or various types of membranes, UV-based processes and heterogeneous
photocatalysis using near-ultraviolet (UV) or visible light irradiation [21]. Less common
but developing methods involve ionizing radiation, microwaves [22] and ferrate reagents.
AOPs have been used for a variety of purposes, including odor control, groundwater
purification, soil remediation and volatile organic compound treatment, but wastewater
treatment is by far the most frequently studied and developed [23,24]. The application
of AOPs, however, must be carefully evaluated considering their overall sustainability,
chemical input, energy use and feasibility in real systems, comparing their effectiveness
and cost with other traditional processes [25].

AOPs can be used alone or in combination with other biological and physico-chemical
processes, depending on the properties of the wastewater to be treated and the purposes of
the treatment. In principle, process coupling is advantageous because it generally increases
the efficiency of the treatment. For example, AOPs could be used as a pre-treatment step
to transform originally bio-recalcitrant molecules into other more easily biodegradable
species, which would then be subjected to biological post-treatment. However, for drugs
containing biodegradable substances, biological pre-treatment following chemical post-
treatment might also be desirable since, even if biodegradable substances can be easily
eliminated initially, the effectiveness of biodegradation is not comparable to that of a
chemical oxidizing treatment [26].

All AOPs involve the in-situ production of the main oxidant species and the conse-
quent combination of these species with contaminants. Reactor design and drug compo-
sition have an impact on the formation of reactive species, which are mainly radicals. In
addition to radical scavenging, other factors including hydrodynamics and mass transfer
of radicals are crucial for effectively destroying drugs [27]. Different types of AOPs are
illustrated in Figure 1.
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Figure 1. Different advanced oxidation processes.

1.1. UV-Based AOPs

UV-based AOPs are those processes that use ultraviolet (UV) light alone or in the
presence of radical promoters for the degradation of organic compounds. Radical-based
UV AOPs use only UV light to generate oxidant species, but other processes use Cl2 (to
generate radicals of the chlorine species and hydroxyl radicals), ozone, H2O2 and persulfate
(to generate sulfate radicals).

Low-pressure Hg vapor lamps with a partial pressure of approximately 1 Pa are the
most common UV radiation sources for UV-based AOPs. The efficiency of these lamps is
25–45% in the range of the emitted wavelength. The emission spectra of low-pressure Hg
lamps show two distinct lines at approximately 254 and 185 nm. The line emitted at the
wavelength of 254 nm is very useful for disinfection. In fact, UV light inactivates microbes
which cause damage to DNA or RNA molecules, preventing their reproduction [28].

1.1.1. UV Irradiation

UV irradiation involves the direct interaction between UV light and a target pol-
lutant and the induction of chemical reactions that can break down the pollutant into
intermediate products whose subsequent decomposition eventually provides mineral
end-products [29,30]. Traditionally, UV treatment has been used to disinfect drinking water
with the benefit of limiting the creation of any regulated waste products of disinfection [31].

The homolysis (Equation (1)) and photochemical ionization (Equation (2)) of water
are generated through UV light absorption:

H2O + hv(185 nm) → HO• + H• (1)

H2O + hv(185 nm) → HO• + H+ + e− (2)

The main advantages of the AOP with UV irradiation are that it requires a relatively
short time to treat, and the use of chemicals is not necessary, ensuring that no residual
substances are produced during the process [1]. The degradation efficiency of drugs under
UV light in water depends on several factors. Different types of buffer solutions can be
used to modify the pH, but this generally has an important impact on the degradation of
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drugs as free radicals may be formed which are linked to the species constituting the buffer
and interfere with the degradation mechanism [32].

1.1.2. UV/H2O2

UV/H2O2 is the most used AOP for the degradation of drugs. H2O2 present in
solution gives rise to the production of two HO• radical species through the photolytic
cleavage of the O-O bond (initiation step) (Equation (3)).

H2O2 + hv → 2HO• (3)

After the formation of two hydroxyl radicals, a chain of reactions is formed (propaga-
tion and termination steps) (Equations (4)–(9)) [33].

HO• + H2O2 → H2O + HO•
2 (4)

HO• + HO2
− → HO•

2 + OH− (5)

HO•
2 + H2O2 → HO• + H2O + O2 (6)

2HO•
2 → H2O2 + O2 (7)

HO• + HO•
2 → H2O + O2 (8)

2HO• → H2O2 (9)

Some factors, i.e., pH, H2O2 concentration, organic compound structure, HO• for-
mation rate and water contents, influence the efficiency of UV/H2O2 AOP. At alkaline
pHs, the absorption of CO2 from the air increases, so the reaction should be carried out
in a closed vessel to counteract this effect. The decrease in pH has a direct effect on the
concentration of carbonate and bicarbonate ions resulting from the absorption of CO2;
therefore, the effectiveness of the process can increase as the amount of HO• radicals in the
solution increases [1].

1.1.3. UV/Chlorine

The UV/chlorine process is an interesting AOP because the chlorine (Cl2) used in water
is a common disinfectant and UV-activated chlorine radicals (Cl•) are formed. Chlorine
dioxide (ClO2) and the hypochlorite radical (ClO•) are the two main oxidizing species [34].
This method involves the addition of a sodium salt (Na+ + ClO−) to an aqueous solution,
and ClO− is also present as the protonated form HClO (pKa = 7.52), depending on the
pH values. This system involving an acid–base equilibrium is known as active chlorine
(AC) [35]. The chlorine radical prefers to react with electron-rich molecules, so it is a more
selective oxidant than the hydroxyl radical [36]. This method is generally useful for the
treatment of wastewater with low pH values [37]. Indeed, pH significantly influences the
molar absorption coefficient as the ratio between HOCl and ClO− can change significantly.

Below are the main equations (Equations (10)–(12)) representing the process. Under
UV light irradiation of an aqueous HClO solution, HO• and Cl• radicals are obtained [38,39]
(Equation (10)). These highly reactive radicals subsequently interact with HClO to form
the chlorine monoxide radical (ClO•) (Equations (11) and (12)).

HClO + hv → HO• + Cl• (10)

HO• + HClO → ClO• + H2O (11)

Cl• + HClO → ClO• + Cl− + H+ (12)
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Various types of active species such as HO•, AC, Cl• and ClO• coexist and often act in a
complementary manner for efficient degradation of the pollutant. HO•, which is a selective
oxidant, reacts at approximately the same rate with the organic species present [40]. Cl•,
which is more selective, reacts with electron-rich organic components via H-abstraction,
one-electron oxidation and addition to unsaturated C-C bonds. Cl• is very reactive towards
benzoic acid and phenol, compared to the HO• radical [41]. In conclusion, the UV/chlorine
AOP is more efficient than the UV/H2O2 AOP for the removal of drugs such as tolytriazole,
iopamidole and benzotriazole [42].

1.1.4. UV/O3

Ozone (O3) in combination with UV light irradiation increases the concentration of
HO• radicals, improving drug removal efficiency. During the reaction, the by-product
H2O2 is formed which, however, can in turn decompose into two HO• radicals [43,44].
Equations (13) and (14) summarize these reactions:

O3 + H2O + hv → O2 + 2HO• (13)

2HO• → H2O2 (14)

O3 at extremely high concentrations can act as a radical scavenger and interact with
them or give rise to secondary reactions by decomposing and inhibiting the oxidation
process. It can react directly and electrophilically with the organic compounds to be broken
down or indirectly through a radical reaction. However, the main reaction in the UV/O3
system is the interaction of HO• with the organic pollutant because the direct oxidation
rate with molecular O3 is slower [45].

1.1.5. UV/SO4
•−

SO4
•− is a strong monoelectronic oxidant that shows higher degradation efficiency

than HO• under neutral and alkaline conditions due to its higher redox potential and
longer lifetime [46]. These electrophilic radicals can rapidly oxidize some aromatic com-
pounds through the abstraction of hydrogen atoms and the transfer of single electrons [47].
Compared to HO•, SO4

•− can easily promote electron transfer but at a slower rate than
the extraction and addition of hydrogen atoms [48]. pH is a crucial factor in oxidation in
the presence of SO4

•− for drug degradation. In fact, the production of HO• and sulfate
radicals increases with an increase in the pH, but it must be considered that the increase in
these radicals involves their interaction with OH− and causes an overall decrease in the
reaction rate [49].

Sulfate radicals can be produced using peroxydisulfate (PS) or peroxymonosulfate
(PMS). The radicals, in particular, can be generated from PS through its homolytic cleavage
by UVC radiation (Equation (15)), in the presence of a photocatalyst which provides the
photoproduced electron (Equation (16)) or heat (that can be also generated by microwaves)
(Equation (17)).

S2O8
2− + hv → 2SO4

•− (15)

S2O8
2− + e− → SO4

2− + SO4
•− (16)

S2O8
2− + Δ → 2SO4

•− Ea = 33.5 kcal/mol (17)

1.1.6. Advantages and Disadvantages of UV-Based AOPs

In Table 1 the main advantages and disadvantages of UV-based AOPs are reported.

169



Catalysts 2023, 13, 1440

Table 1. Advantages and disadvantages of UV-based AOPs.

Process Advantages Disadvantages References

UV

Absence of limitation of mass transfer
Disinfection
No bromate formation
No need for off-gas treatment
Potential to use sunlight

Cost- and energy-intensive
Fouling of UV lamps
UV light penetration decreases in presence
of iron and nitrate
Interference with chemical compounds

[50]

UV/H2O2

High stability of H2O2
Long-time storage ability
Availability for drinking water treatment
on full scale

UV light penetration is impacted
by turbidity
Special reactors are needed for UV light
Residual H2O2 must be considered

[51]

UV/chlorine

Cl• radical is a more selective oxidant than
HO• radical
More efficient than UV/H2O2
Additional chlorine to quench residual
H2O2 is not needed
Cost-effective
Favorable at low pH

Impact on efficiency of UV light due to
suspended particles

[52]
[53]
[1]

UV/O3

O3 absorbs more UV light as compared
to H2O2
The presence of UV light has a
disinfectant effect
The residual oxidant quickly deteriorates

Intensive energy required
Cost-intensive
Special reactors required
Stripping of volatile compounds
Blocking of UV light penetration due
to turbidity
Mass transfer limitation due to diffusion

[51]

UV/SO4
•−

Efficient at moderate pH conditions
Efficient electron transfer reaction
mechanism
High standard reduction potential

Toxicity of by-products
Presence of unreacted chemicals
Metal contamination

[54]
[55]

1.2. Ozone-Based AOPs
1.2.1. O3/H2O2

The combination of O3 with H2O2 is an efficient method for the degradation of organic
drugs. This method is also known as peroxone in which the decomposition of O3 takes
place after the production of HO2

− from H2O2 (Equations (18) and (19)) [56].

H2O2 → HO2
− + H+ (18)

HO2
− + O3 → HO•

2 + O3
•− (19)

It is important that neither an excessive quantity nor a too-low quantity of H2O2 is
used because an excessive quantity can cause a decrease in HO• species with the formation
of HO•

2 (Equation (20)) and a too-low quantity can be insufficient for oxidizing organic
drugs while achieving dissociation of the H2O2 molecule (Equation (21)):

HO• + H2O2 → HO•
2 + H2O (20)

H2O2 → H2O +
1
2

O2 (21)

1.2.2. Catalytic Ozonation

In this process, catalysts react with O3, increasing the degradation rate of drugs by
generating HO• radicals following the decomposition of O3 [57]. Homogeneous catalytic
ozonation involves the use of different transition metal ions (Mn2+, Ni2+, Co2+, Cr2+,
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Ag2+, Zn2+, Cd2+, Fe2+, Cu2+) which function as catalysts for the degradation of organic
drugs [58].

Ozone decomposition performance improves in the presence of highly stable hetero-
geneous catalysts which consequently can be recycled and reused without prior further
treatment after the first use. Because of these advantages, heterogeneous catalytic ozona-
tion is often used to treat aqueous effluents. In addition to the nature of the catalyst, in
particular, its surface chemical–physical characteristics, and the pH of the solution, which
influence the properties of the surface catalytic sites, the degradation processes of ozone
in water is extremely important for the performance of catalytic ozonation [59]. The main
heterogeneous catalysts used in coupling with O3 are TiO2 [60], MgO [61], MnO2 [62],
ZnO [63], SiO2 [64] and CuFe2O4 [65].

1.2.3. Electro-Peroxone

In recent years, researchers have been attracted to electrochemical methods for wa-
ter treatment. Advantages over traditional methods are, for example, the possibility of
obtaining chemicals on site and often easy maintenance and reliable performance [66].

The electro-peroxone (E-peroxone) process is a new AOP that is a combination of
traditional electrolysis and ozonation. H2O2 is produced in situ inside an electrolytic device
which allows its quantity in the reaction medium to be controlled. This avoids the transport,
management and storage of this chemical product which is dangerous and explosive [35].
The polluting drugs to be treated are present in a reactor equipped with a carbon-based
cathode which converts the ozone (in reality it is a mixture of O3 and O2) coming from
the generator and present in the effluent into H2O2 through an electrochemical reaction
(Equation (22)). The H2O2 formed reacts with O3 to produce HO• radicals which play a
major role in drug degradation (Equation (23)) [67–70].

O2 + 2H+ + 2e− → H2O2 (22)

H2O2 + O3 → O2 + HO•
2 + HO• (23)

1.2.4. Advantages and Disadvantages of Ozone-Based AOPs

In Table 2 the main advantages and disadvantages of ozone-based AOPs are reported.

Table 2. Advantages and disadvantages of ozone-based AOPs.

Process Advantages Disadvantages References

O3/H2O2

Highly effective
Highly efficient
Handling of remediation
Disinfection

Bromate formation
Energy- and cost-intensive
Excess H2O2 may need to be managed due
to potential microbial growth
The concentration of O3-H2O2 must be
properly controlled

[51]

Catalytic
ozonation

Low operating cost
No need for pH adjustment
Complete mineralization
Improved O3 utilization efficiency
Enhanced reaction kinetics
Production of HO• radicals at low pH

Challenge for selection of green,
cost-effective and efficient catalysts
Complex synthesis of ozone catalysts
Reuse of catalysts
Fouling of catalysts
Challenge of residual toxicity

[71]
[72]

Electro-peroxone

Economical, convenient and safe method
Low sludge formation
Highly efficient for low reactive
ozone species
No secondary pollution
On-site production of H2O2

Energy-intensive
Lower current efficiency
Not particularly efficient for pesticide
degradation

[73]
[74]
[75]
[76]
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1.3. Fenton-Based AOPs
1.3.1. Fenton-like Process

The Fenton process involves the formation of HO• radicals through a series of reac-
tions of H2O2 with Fe(II) salts. The reagent system is called the Fenton reagent [77,78]
(Equations (24) and (25)).

Fe2+ + H2O2 → Fe3+ + HO• + OH
− (

k = 63–76 M−1 s−1
)

(24)

Fe3+ + H2O2 → Fe2+ + HO2
• + H

+
(

k = 0.001–0.01 M−1 s−1
)

(25)

A hydrogen atom of the organic drug to be treated (R-H) is extracted by the HO•
radicals to produce an organic radical (R•) which gives rise to a chain reaction up to the
final oxidation products (Equations (26)–(28)). H2O2 and Fe2+ should oxidize the drug to
H2O and CO2 (and to inorganic species deriving from the possible presence of heteroatoms
in the molecule) even without the presence of HO•/R•, radicals, obviously with different
kinetics. However, it must be considered that the HO• radicals produced can be further
involved in subsequent reactions which have a negative effect on the oxidation reactions
(Equations (29)–(31)):

RH + HO• → H2O + R• (26)

R• + H2O2 → ROH + HO• (27)

R• + O2 → ROO• (28)

Fe2+ + HO• → Fe3+ + OH
− (

k = 3.2 × 108 M−1 s−1
)

(29)

H2O2 + HO• → HO2
• + H2O

(
k = 3.3 × 107 M−1 s−1

)
(30)

•OH + HO• → H2O2

(
k = 6 × 109 M−1 s−1

)
(31)

The optimal pH at which one must operate with the Fenton reagent must be between
3 and 5 as under neutral and near-neutral pH conditions, Fe3+ would react with HO•, pro-
ducing insoluble ferric hydroxide which would separate from the solution. Consequently,
the efficiency of the oxidation process would decrease, and continuous addition of Fe2+

ions should be necessary.
Finally, it should be noted that there is still a different hypothesis regarding the

oxidizing species and their production. Without wanting to go into detail, referring to the
specific papers, we only mention the possibility of the involvement of the high-valence
ferryl-oxo species Fe(IV), instead of HO• radicals, and in that case, Equation (24) can be
replaced with the following Equation (32):

Fe2+ + H2O2 → FeIVO
2+

+ H2O (32)

1.3.2. Photo-Fenton

In the photo-Fenton process (PFP), under UV irradiation, the reaction of H2O2 with
Fe2+ occurs, producing HO• radicals in quantities sufficient for oxidizing drugs. The
operating mechanism of this process involves the photochemical regeneration of Fe2+ ions
through the photoreduction of Fe3+ ions (Equation (33)). In particular, when all the Fe2+

ions are used in the Fenton reaction, the Fe3+ ions start to accumulate in the solution, and
the reaction stops. The use of light, however, allows the cycle to continue as the Fe2+ ions
which are necessary for the reaction with H2O2 are photochemically reformed [77,79,80].

FeOH2+ + hv → Fe2+ + HO• (33)
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In the case of post-treatment of raw leachate, it should be noted that the concentration
of total dissolved solids (TDSs) and the degree of turbidity significantly influence the
performance of UV irradiation [81].

1.3.3. Electro-Fenton

The electro-Fenton process (EFP) is considered an efficient method for the degrada-
tion of drugs based on electrocatalytic in situ generation of hydroxyl radicals. It can be
conducted in two different setups. In the first case, the ferrous ions are introduced into
the reactor from the outside and H2O2 is produced at the cathode (Equation (34)). In the
second possible configuration, also Fe2+ ions are produced in situ using cast iron sacrificial
anodes (Equation (35)). EFP has some advantages over the traditional Fenton process; this
method, in fact, allows better control of the process and does not require the transport
or storage of H2O2 [82,83]. Furthermore, the electro-Fenton process is environmentally
friendly and does not produce any harmful pollutants [84]. The main weakness of EFP is
the operating cost, principally the chemical cost, when used on a practical scale.

O2 + 2H+ + 2e− → H2O2 Cathode (34)

Fe0 → Fe2+ + 2e− Anode (35)

1.3.4. Photoelectro-Fenton

The photoelectro-Fenton process (PEFP) is a combination of photochemical and elec-
trochemical processes with the Fenton process. This method involves UVA light and the
electrochemical production of H2O2 which is used for the treatment of wastewater. The
photoreduction of Fe(III) occurs, producing a high amount of HO• radicals and Fe(II)
(Equation (36)). Fe(III) can form complexes with some organic compounds present in solu-
tion that absorb in the near-UV and visible region. In this way, they can be decarboxylated
under irradiation (Equation (37)) [85–87].

Fe(OH)2+ + hv → Fe2+ + HO• (36)

R(CO2)− Fe(III) + hv → R(•CO2) + Fe(II) → •R + CO2 (37)

1.3.5. Advantages and Disadvantages of Fenton-Based AOPs

In Table 3 the main advantages and disadvantages of Fenton-based AOPs are reported.

Table 3. Advantages and disadvantages of Fenton-based AOPs.

Process Advantages Disadvantages References

Fenton-like
process

Fe2+ is non-toxic and widely available
No formation of chlorinated products
No limitation of mass transfer
H2O2 is easy to handle
Complex formation enhances the
coagulation of suspended solids

Sludge may formed
Scavenging reactions may occur
Regeneration of Fe2+ is very low

[88]

Photo-Fenton
High efficiency
Wide pH range
Low sludge formation

Cost- and energy-intensive
Blocking of UV radiation due to turbidity
of water
Formation of oxalate layers on the surface
of lamps
Medium- or high-pressure lamps are
required

[89]
[90]
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Table 3. Cont.

Process Advantages Disadvantages References

Electro-Fenton

High oxidation efficiency
High mineralization
On-site production of reagents to
generate H2O2
Ability to treat effluents with a wide range
of concentrations and ease of handling

Cost-intensive
Inefficient for treatment with
large-scale volumes

[91]
[90]

Photoelectro-
Fenton

Regeneration of Fe2+

Production of HO• radicals
High mineralization
No need to separate the catalyst
Possibility of using solar light

No commercial availability of photoanodes
Visible-light-active photoanodes are
required
Large-scale reactors are required
Cost of artificial light irradiation

[92]

1.4. Ultrasonic Methods

In water, ultrasonic radiation that is emitted at values >20 kHz generates HO• radicals
that induce the degradation of pollutants by means of the so-called ultrasonic method
(US). A process known as acoustic cavitation is used in the US and causes bubbles to form,
grow and collapse in liquids due to the extremely high temperatures and pressures created
within them [93]. The US is also known as sonolysis (Equation (38)) [94].

H2O + sonication → HO• + H• (38)

Sonolysis is a fairly recent method for drug degradation, and therefore, it has not
received much attention compared to other AOPs. There are very few publications on it.
The degradation of many poorly soluble and very volatile organic drugs occurs rapidly, and
consequently, this method could be useful for attacking pharmaceutical micropollutants.
The efficiency of the US depends on several factors such as the type of drug, the intensity
and frequency of the ultrasound, the temperature and the configuration of the reactor [26].

In Table 4 the main advantages and disadvantages of sonolysis are reported.

Table 4. Advantages and disadvantages of sonolysis.

Process Advantages Disadvantages References

Sonolysis

High degradation efficiency
Low energy required
No need for chemicals
No sludge waste
Safe method
Penetrability in aqueous medium
Economical for small-volume treatments

Probe maintenance is required
Turbidity of water
Energy-intensive

[94]
[95]
[96]

1.5. Membrane-Based AOPs (M-AOPs)

Many organic micropollutants are not mineralized completely or to any great extent
using a single traditional or advanced oxidation process. To improve degradation effi-
ciency and successfully remove organic micropollutants, the combined use of different
methods operating synergistically in hybrid systems has been proposed as an alternative
approach [97,98]. Membrane processes such as distillation, nanofiltration and reverse os-
mosis can be applied for the removal of organic drugs from water or wastewater. However,
in separation using membranes, contaminants are simply transferred to a concentrated
phase but are not transformed or mineralized. Furthermore, during the filtration process,
the membrane can deteriorate due to fouling and obtaining retentate in large quantities [99].
Taking this into account, the coupling of filtration processes and AOPs has recently been
proposed as a strategy for the treatment of polluted effluents [51].
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In an M-AOP, the AOP has the primary role of degrading the target drug into less
hazardous contaminants. The membrane plays a secondary role because it simply al-
lows the passage through it of the less dangerous species obtained after the action of the
AOP that, moreover, can prevent fouling and keep the membrane in the best possible
operating condition.

Combined M-AOP filtration systems can be classified into different categories, de-
pending on the type of AOP used and how the formation and oxidizing action of HO•
radicals occur in the reaction medium. An interesting proposal involves using the AOP
method to oxidize complex drug target molecules and then performing membrane filtration
to separate the oxidized products. The type of membrane to be selected depends on the
properties of the effluent and the size of the oxidized substrate to be separated, ultimately
depending on the type of oxidizing reaction. The ability of membranes to couple with
AOPs is still under discussion, considering in particular the polymeric ones that could be
sensitive to heat, chemical attacks and irradiation, especially for long operating times [51].

In Table 5 the main advantages and disadvantages of Membrane-Based AOPs are reported.

Table 5. Advantages and disadvantages of membrane-based AOPs.

Process Advantages Disadvantages References

Membrane-based
AOP

Membrane captures the unoxidized
contaminants and only allows safe, treated
water to pass through
The concentrated unoxidized contaminants
on the membrane surface greatly accelerate
their decomposition in the presence of AOPs
By ozonating the membrane surfaces,
membrane fluxes and permeability can be
improved

Fouling of membranes
Low stability of membranes (especially
some polymeric membranes) for long
irradiation times

[51]
[100]

1.6. Electrochemical AOPs

Electrochemically based AOPs are called electrochemical advanced oxidation pro-
cesses (EAOPs) and can be used for wastewater treatment. In EAOPs HO• radicals are
formed directly (anodic oxidation (AO)) or indirectly via the Fenton reagent (electro-Fenton
(EF)). In AO, oxidation of water occurs and produces HO• radicals at an anode having a
high O2 overvoltage (Equation (39)) [101].

H2O → HO• + H+ + e− (39)

In turn, EF involves the reaction providing HO• radicals between the Fenton reagent
and H2O2 which is produced electrochemically at the cathode (Equation (40)) [102].

Fe2+ + H2O2 → Fe3+ + HO• + OH
−

(40)

The type and quantity of reactive species created during an EAOP depend on various
factors. The main ones are the composition of the polluted water, the material from which
the electrodes are made and the applied potential [103]. The advantages and disadvantages
of the method are shown in Table 6.
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Table 6. Advantages and disadvantages of electrochemical AOP.

Process Advantages Disadvantages References

Electrochemical
AOPs

No need for light radiation
Good energy efficiency
No chemical required
No waste produced
Highly efficient as compared to other AOPs
Eco-friendly
Easy of handling
Possibility to treat effluent with COD in the
range 0.1–100 g L−1

Cost- and energy-intensive
Requires management of sludge-related
electrocoagulant and indirect oxidation
Limitation of mass transfer
Poisoning effect

[51]
[96]

[104]

1.7. Zero-Valent Iron

Zero-valent iron (ZVI) is a very promising material, abundant, cheap, easy to produce
and practically non-toxic. Therefore, it can be successfully used to degrade drugs [105,106].
The electrons that are produced directly by ZVI react with the molecules of the drug to be
broken down and transform them into less dangerous contaminants. ZVI in the presence
of dissolved oxygen (DO) can oxidize various organic pollutants because ZVI provides two
electrons to O2, producing H2O2 (Equation (41)) which can further react with two electrons
also provided by ZVI and can transform into H2O (Equation (42)). The strongly oxidizing
HO• radicals produced by the reaction of Fe2+ and H2O2 (Equation (43)), as in many other
methods, are ultimately responsible for the attack on drugs and their degradation [107]:

Fe0 + O2 + 2H+ → Fe2+ + H2O2 (41)

Fe0 + H2O2 + 2H+ → Fe2+ + 2H2O (42)

Fe2+ + H2O2 → Fe3+ + HO• + OH
−

(43)

In Table 7 the advantages and disadvantages of zero-valent iron are reported.

Table 7. Advantages and disadvantages of zero-valent iron.

Process Advantages Disadvantages References

Zero-valent iron
No sludge formation
Complete degradation
No formation of undesirable by-products

Low stability
Fast passivation
Limited mobility

[108]
[109]

1.8. Sulfate Radical-Based AOPs

As an alternative to HO• radicals, sulfate radical (SO4
•−)-based AOPs have been

extensively studied for wastewater treatment. SO4
•− radicals are produced from two strong

oxidants, namely persulfate (also called peroxydisulfate (PS)) and peroxymonosulfate
(PMS), whose oxidation potentials are 2.1 and 1.82 eV, respectively. Their decomposition is
illustrated in Equations (44) and (45) [54,110]:

S2O8
2− + 2e− → 2SO4

2− (44)

HSO5
− + 2H+ + 2e− → HSO4

− + H20 (45)

Persulfate, in particular, is a promising oxidant as it is quite stable at room temper-
ature and is not very selective for drug degradation. The activation of PS and PMS to
produce SO4

•− radicals can occur in various ways using heat, UV light, ultrasound, alkali,
transitional ions or metal oxides [111,112].

In Table 8 the advantages and disadvantages of Sulfate-Based AOPs are reported.
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Table 8. Advantages and disadvantages of sulfate-based AOPs.

Process Advantages Disadvantages References

Sulfate-based
AOPs

Wide pH range (2–8)
Less need for reactants
High selectivity
High redox potential
Easy availability of reactant
On large scale, safe storage of oxidants

Cost-intensive
Challenge of residual sulfate ions
Potential to form toxic by-products

[110]
[113]

1.9. Microwave-Based AOPs

Electromagnetic radiation within the frequency range of 0.3 to 300 GHz is referred to
as microwave (MW) radiation. To prevent interference with cellular phone and telecom-
munication frequencies, all microwave reactors used for chemical synthesis and home
kitchen microwave ovens operate at 2.45 GHz [114]. In the last few years, the use of
MW irradiation has been widely studied in environmental applications such as wastew-
ater and sewage treatment, soil remediation and biomedical applications [115–117] due
to its rapid and uniform heating, “hot spot” effect and nonthermal effect. Although
the use of microwaves alone was found to be not very efficient for drug removal, their
combination with other AOPs is very promising because can it allow the mineraliza-
tion of any organic pollutant [22,118–120]. MW-based AOPs (MW-AOPs) include mainly
MW-enhanced photochemistry, MW-enhanced Fenton process, MW-activated persulfate,
MW-assisted ultrasonic and MW-assisted ozone [121–124], and in these cases, MW ra-
diation enhances the formation of ROS active species (such as HO•, SO4

•−, O2
•−), im-

proving the process performance. The drawback is that MW-AOPs are currently only
used on a laboratory scale, and furthermore, cost analyses have revealed their economic
limitations [119].

1.10. Heterogeneous Photocatalysis

The heterogeneous photocatalysis AOP has been extensively studied over the past
two decades and applied to drug degradation. This method appears to be more effective
than other AOPs since some semiconductors are generally less expensive and non-selective,
i.e., they can easily mineralize a large variety of toxic organic molecules [125,126]. The
optoelectronic properties of a photocatalyst that behaves as a semiconductor depend on
the energy of the conduction band (CB) and that of the valence band (VB). The energy
difference between the two bands, called the bandgap, corresponds to the energy difference
between the bottom of the conduction band and the top of the valence band. This value is
between 1.0 and 4.0 eV in semiconductors, and therefore, thermal or light stimulation can
increase the conductivity by transferring electrons from the valence band to the conduction
band [1].

In heterogeneous photocatalysis, activation can be caused by irradiating the semi-
conductor with solar or artificial light. It must be considered that semiconductors and
reagents are in two different phases. When a semiconductor is irradiated by light of an
appropriate energy, the photoexcitation of electrons from the VB to the CB occurs, with
the formation of positive holes in the VB. The photoproduced electrons and holes migrate
to the surface of the catalyst and act as reducing and oxidizing agents, respectively. The
holes can directly oxidize the species adsorbed on the surface of the photocatalyst or in-
teract with the adsorbed water in the case of aqueous solutions producing HO• radicals.
The latter, in turn, attack the polluting molecules found near the surface or adsorbed on
nearby sites. The molecules can be attacked in subsequent steps and are transformed into
non-toxic products until complete mineralization into H2O and CO2 and any inorganic
ions containing heteroatoms present in the degraded organic molecule [111]. The photo-
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catalytic mechanism of drug degradation is reported as follows (Equations (46)–(52)) and
in Figure 2:

Semiconductor + hv → h+ + e− (46)

H2O + h+ → •HO• + H+ (47)

O2 + e− → O2
•− (48)

Figure 2. Photocatalytic mechanism of drug degradation.

O2
•− and HO• radicals react with a drug and transform it into other less harmful products.

O2
•− + H+ → HO•

2 (49)

2HO•
2
• → O2+H2O2 (50)

H2O2 + hv → 2HO• (51)

HO• + drug → drugoxi (52)

TiO2 is the most studied and used semiconductor for drug abatement due to its
high chemical and thermal stability, wide availability, non-toxicity, cost-effectiveness and
corrosion resistance [126]. However, TiO2 has limitations due to its wide bandgap (3.0 eV
and 3.2 eV in the case of the rutile and anatase polymorphs, respectively) and poor activity
under the irradiation of sunlight (which contains only 4–5% of energetically effective
photons for its excitation). Consequently, considerable efforts have been made to improve
the performance of TiO2-based photocatalysts for practical applications, mainly through
modifications and/or combinations with other semiconductors [127,128].

In Table 9 the advantages and disadvantages of heterogeneous photocatalysis
are reported.

178



Catalysts 2023, 13, 1440

Table 9. Advantages and disadvantages of heterogeneous photocatalysis.

Process Advantages Disadvantages References

Heterogeneous
photocatalysis

Active under the irradiation of near-UV
light, compared to other AOPs which
require shorter wavelengths
Possibility for the use of sunlight as a clean
and free energy source
Mild operating conditions
Non-toxicity of the catalysts
Photochemical stability

Fouling of the catalyst
The powdered photocatalyst needs to be
recovered when employed as a slurry or
suspension
High recombination rates of
photogenerated electrons and holes
Mass transfer limitation
Poor efficiency when using low lighting

[51]
[95]
[96]

1.11. Advanced Reduction Processes (ARPs)

Advanced reduction processes (ARPs) combine both activation methods and reducing
agents to form highly reactive reducing radicals that can degrade oxidized contaminants. In
order to determine the most efficient ARPs, different studies were carried out by applying
several combinations of activation methods (ultraviolet light, ultrasound, electron beam
and microwaves) and reducing agents (dithionite, sulfite, ferrous iron and sulfide) for the
degradation of target contaminants at different pH-levels [129]. Many studies have been
also carried out on reactions involving reducing free radicals [130], but only a few examples
of the applications of reducing radicals to water treatment/contaminant degradation are
present in the pertinent literature.

Ibrahim et al. [131], for the first time, expanded the concept of advanced reduction
processes to green chemistry procedures. Indeed, they synthesized and characterized
binary nanocomposites of TiO2 nanotubes with CoFe2O4 ferrites and used them for the
photocatalytic reduction of 4-nitrophenol to 4-aminophenol. Successively, ARPs have been
used to degrade chlorinated organic contaminants such as 1,2-dichloroethane [132] and for
the degradation of persistent pollutants such as per- and polyfluoroalkyl substances (PFASs)
in water [133]. The degradation was achieved by coupling various advanced reduction
processes that combine ultraviolet (UV) irradiation with various reagents (dithionite, sulfite,
sulfide, ferrous iron). ARPs are capable of reducing the toxicity of the solution but do not
lead to complete mineralization of the drugs.

Yu et al. [134] applied both advanced oxidation and reduction processes to the degra-
dation of diclofenac and compared the reaction mechanism and the residual toxicity. Some
of the intermediates formed by the two processes are different. Notably, with an AOP, a
less efficient reduction in toxicity is accomplished, and with ARP, a higher irradiation dose
is necessary. Similar results were found during the degradation of tetracyclines [135].

2. Factors That Affect the Degradation Efficiency

There are many factors that influence the degradation efficiency of drugs, such as
pH, the initial concentration of the molecule to be degraded, the quantity of catalyst and
the temperature.

2.1. pH

The pH is an important factor because varying the electrical charge of the functional
groups on the surface of the catalyst due to the presence of an excess of HO• (basic pH
values) or an excess of H+ (acidic pH values) in the solution produces various types of
degradation products. In other words, therefore, changing the pH of the solution alters the
surface charge of the semiconductor and shifts the potential of surface chemical reactions.
In addition to the electrochemical/thermodynamic reasons, it must be considered that the
reaction rate is also significantly influenced by the adsorption of drugs on the surface of the
semiconductor. The degree of adsorption and the strength with which the reacting species
adsorb depend greatly on the surface charges which in turn depend on the pH [136].
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2.2. Initial Concentration of Drug

The initial concentration of the drug in the solution also plays an important role in its
degradation during the photocatalytic reaction. In general, keeping the amount of catalyst
constant, the degradation rate decreases as the drug concentration increases [137]. It must
be kept in mind that an excessive concentration of the drug to be degraded could slow
down the reaction because the molecules would not have sufficient sites available to adsorb
and be attacked by oxidizing radicals.

2.3. Amount of Catalyst

The amount of photocatalyst also has an important influence on drug degradation.
In heterogeneous photocatalysis, an increase in the degradation rate of the substrate is
observed as the amount of catalyst increases. This is because a larger surface area has
more active sites and therefore more HO• radicals that can contribute to drug degradation.
However, after a certain limit that depends on the type of solid and the solution in which
it is suspended, the degradation efficiency begins to decrease as the catalyst increases. In
fact, the radiation is partially shielded due to the excessive turbidity of the solution and the
formation of particle aggregates with a consequent decrease in surface area [138].

2.4. Temperature

The effect of temperature has a limited effect on heterogeneous photocatalysis used to
degrade drugs dissolved in aqueous effluents. An increase in it can increase the recombi-
nation rate of the photoproduced charges and favor the desorption of the reactive species
adsorbed on the surface, causing a decrease in the photocatalytic efficiency [125]. However,
a moderate increase could favor the desorption of some types of products, increasing the
efficiency of the process (especially in gas–solid systems), and in this case, there is an
optimal temperature even higher than the ambient one at which the experiments should be
carried out.

2.5. Dosage of Reactive Oxygen Species (ROS)

During the application of AOPs, the concentration of ROS influences the extent of
conversion/mineralization of the drugs, the reaction mechanism, and the reaction rate.
The degradation of tetracycline in the presence of increasing amounts of peroxydisulfate
(PS) showed a volcano-like trend [139]. First, the degradation rate increased with the
PS concentration due to the enhanced production of SO4

•− radicals, but when the PS
concentration became high, the TC degradation rate began to decrease because some SO4

•−
radicals could be scavenged by PS.

The selection of an appropriate O3 amount is very important for the degradation
of drugs. The increase in ozone up to a certain amount generally has a beneficial effect
because it improves the generation of HO• radicals [56]. The behavior is not general and
depends on the rate at which a drug is interacted with. Drugs can be easily degraded with
a low dosage of ozone if they react with molecular ozone quickly, and a higher dosage is
necessary if the reaction of a drug with ozone is difficult [140].

It is important also to use the optimum amount of H2O2 because an excess amount
can lead to the formation of unwanted by-products and a low amount does not produce
enough HO• to obtain the complete mineralization.

2.6. Water Matrix

In an actual water matrix, different species such as natural organic matter (NOM),
dissolved organic matter (DOM) and inorganic ions are abundantly present and affect the
degradation of drugs in a positive or negative way [141,142]. When ionic species interact
with drugs, they can be transformed into high-redox-potential radicals boosting the reaction
rates, or they can function as free radical scavengers slowing down the degradation rate.
Moreover, in the presence of a catalyst, they can compete with organic compounds for the
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same adsorption sites. Depending on the existence of promoting and inhibiting compounds,
the water matrix may be crucial.

3. Strategies for Improving the Efficiency of AOPs: Use of Nanomaterials and/or
Coupling with Conventional Techniques

Nanotechnology is very promising for treating polluted aqueous effluents and in
general for environmental remediation through the development of AOPs. In fact, the
notable reduction of toxic by-products is favored, and this is essential to meet water
quality standards [143]. Furthermore, nanotechnology can offer economic advantages
over conventional techniques, thanks to industrial production and new methods that use
inexpensive raw materials and reduce energy use. In particular, the use of nanoparticles
which increase the efficiency of the treatment is envisaged [144]. The beneficial role of the
nanoparticles is mainly due to the increase in surface area, although the quantum size effect
cannot be neglected, which can be summarized very briefly in the fact that if the particle
size of a semiconductor decreases to the nanometric level, a widening of the bandgap
occurs with a consequent shift of the light absorption to higher energy (blue shift) [145].

Dendritic polymers, metal/metal oxide nanoparticles, zeolites and carbon-based
nanomaterials are essential for wastewater degradation, as they contain multi-branched
chains and can more efficiently adsorb organic pollutants and heavy metals.

Nanomaterials combined with AOPs offer great potential to achieve a significant
improvement in water treatment by not only removing contaminants but also transforming
them into non-harmful compounds or compounds that can be easily degraded. However,
most AOPs combined with nanomaterial-based methods are still under investigation, and
further investigation and development are needed to increase their potential [146].

In the next paragraphs, we will report very briefly on some innovative oxidation
processes for the treatment of contaminated water which may also involve the use of
nanomaterials. They are characterized by relatively low costs and high efficiency [147].

3.1. UV/H2O2 Processes

The UV/H2O2 process in the presence of nanomaterials is a promising technology
for the abatement of organic pollutants in water since the small size of the nanomaterials
increases the degradation efficiency due to the increase in surface area [148].

In fact, the UV/H2O2 process, due to its low molar absorption coefficient, cannot
effectively degrade pollutants as complete mineralization is often not achieved. Moreover,
combining this process, for example, with TiO2 nanoparticles, which function as a photo-
catalyst, can significantly improve efficiency [149]. Notably, the UV/H2O2/TiO2 process,
when combined with ZnO nanoparticles, increases the degradation rate even further with
the production of a higher amount of active radical species [150].

It should be noted, however, that the presence of nanoparticles, which are difficult
to separate from the system due to their small size, can complicate the execution of the
process and can constitute a further element of pollution. Another drawback when ZnO
is used in water is the anodic photo-oxidation to which this material is subjected which
depends on the pH and causes the formation of soluble ionic species of zinc in the system
to be purified.

3.2. Persulfate-Based Processes

Sulfate radicals are effective for removing organic pollutants from aqueous solutions.
The use of magnetic iron oxide nanoparticles (MNPs) to obtain sulfate radicals from persul-
fate is a promising technology due to their wide availability and not only their magnetic
characteristics but also their specific structural and catalytic properties. Furthermore, the
excellent ferromagnetic behavior of Fe3O4 makes it easily separable from the solution [151].
Other nanomaterials such as ferrite-carbon aerogel, cobalt, iron, Co3O4/graphene oxide,
CoFe2O4/titanate nanotubes, Co–MnO4 and α-MnO2 are proposed as promising heteroge-
neous catalysts for persulfate activation [144].
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3.3. Coupling of AOPs with Conventional Water Treatment Techniques

While it is clear that several AOPs are effective at removing drugs, most AOPs are
generally considered to be expensive techniques. To address this problem, the combination
of advanced oxidation treatments with conventional water treatment technologies is sug-
gested in some studies, although practical applications for large volumes of real effluent
have not yet been seen [152].

Coupling of AOPs has been reported to improve the quality of the effluent prior to
discharge to the environment, as demonstrated by a recent study demonstrating that the
effluent is safer when ozone and sonolysis are coupled for the degradation of amoxicillin
in water [152].

Furthermore, the coupling of heterogeneous photocatalysis with membrane technol-
ogy constitutes another interesting example in terms of studies. The membrane, in fact,
can perform the function of keeping the pollutant in the presence of the photocatalyst for
longer during its degradation, preventing its permeation or the loss of the photocatalyst
if the system is continuous. Another possibility is to allow the permeation of a useful
intermediate with high added value before its further oxidation in the reagent system [153].
For this type of coupling, it is essential to appropriately choose the type of membrane and
photocatalyst in relation to the process to be performed [154–156].

4. Use of AOPs for Drug Degradation

4.1. Tetracycline

The elimination of tetracycline (TC) by AOPs has been by far the most studied due to
the widespread use of this molecule (it has been found in wastewater, surface water and
groundwater at ng L−1 to μg L−1 levels) and its high stability and resistance in aqueous
wastewater [157]. For these reasons, very often, the use of a single method is not effective
in eliminating TC, and the coupling of different technologies is necessary [158,159]. The
main problem related to the degradation of drugs is their partial oxidation to compounds
which are often more harmful than their precursors. Unfortunately, in many papers, the
degradation of drugs is evaluated but not their complete mineralization. The most used
AOP methods are UV, UV/H2O2 treatments and heterogeneous photocatalysis.

The first photochemical oxidation of TC was reported in 1979 by Davies et al. [160],
who studied the behavior of TC under UV light irradiation. The authors demonstrated
that the process proceeds in several steps through the photo-deamination of TC followed
by the interaction of the formed tetracycline radical with molecular oxygen forming a
peroxyl radical, which abstracts a hydrogen atom, giving rise to a hydroperoxide. Finally,
the hydroperoxide decomposes, losing water. Figure 3 presents a scheme showing the
possible degradation route of TC and some of the intermediates that can be formed during
its degradation. López-Peñalver et al. [161] investigated the aqueous degradation of TC in
the presence of UV and UV/H2O2 by changing the initial concentration and initial solution
pH and by adding H2O2. The degradation rate turned out to be dependent on the initial
concentration and pH; TC degradation by UV radiation alone was low, and the addition of
H2O2 before UV treatment increased the quantum yield of the reaction, also reducing the
final TOC concentration and the toxicity of the by-products.

Photo-Fenton degradation of TC has been successfully carried out by using a mag-
netically recoverable MnFe2O4/MXene hierarchical heterostructure [159]. The uniform
dispersion of MnFe2O4 nanoparticles within MXene nanosheets enhanced the visible light
utilization and avoided the agglomeration of the MnFe2O4 particles. A TC degradation
efficiency of 93.8% was reached at pH = 3 starting from a drug concentration of 10 mg L−1.
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Figure 3. Scheme showing the possible degradation route of TC [162].

The photo-Fenton method has been used effectively for the complete mineralization
of various types of antibiotics. As seen in more detail in Section 1.3.2, hydroxide radicals
are produced due to the reaction between hydrogen peroxide and ferrous salt. In particular,
this treatment allowed the removal of 24 mg L−1 of TC with a residual TOC concentration
of 5 mg L−1 and 2 mg L−1 under black-light and solar irradiation, respectively, according
to Bautiz and Nogueriav [163].

The photo-Fenton treatment of 40 mg L−1 of TC solution under UV irradiation in
the presence of H2O2 (48% of stoichiometric dose) and Fe2+ (5 mg L−1) allowed the total
degradation of the drug and 77% TC mineralization [164]. An innovative 3D porous
hydrogel composed of α-FeOOH/rGO (reduced graphene oxide) was able to generate
reactive oxygen species in the absence of H2O2, eliminating 97.3% of TC in a Fenton-like
process [165].

Liu et al. [166] compared the results of the degradation of TC obtained by UV irra-
diation, electro-Fenton and photoelectro-Fenton by using Pt gauze as an anode, a Fe3O4–
graphite system as a cathode with an applied current density of 70 mA/cm2 and Na2SO4
as electrolyte. A synergistic effect was noticed in the photoelectro-Fenton system (see
Figure 4) between the two different technologies with a mineralization degree of ca. 84%.
This finding demonstrates that the coupling of different technologies is an effective strategy
for enhancing efficiency.
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Figure 4. Effect of the different processes on tetracycline degradation (A) and mineralization (B) [166].

Ao et al. [167] applied the UV-activated peroxymonosulfate (SO4
•−) process to TC

degradation both in synthetic home-prepared and real wastewater systems. PMS (HSO5
−)

was used to generate the SO4
•− radicals under irradiation with a medium-pressure UV

(MPUV) lamp, and the effect of PMS dose, pH and addition of some anions was evaluated
together with the ecotoxicity and mutagenicity of the transformation products (TPs). As
shown in Figure 5A, the genotoxicity of the solution first increases and then decreases as
the irradiation is increased. Very low values are reached at the end of the treatment. The
higher degradation rate in the real wastewater solutions with respect to the lab-prepared
one (Figure 5B) has been attributed to the presence of anions like Cl−, HCO3

− and CO3
2−

in the former.

Figure 5. (A) Variation in genotoxicity of TC during MPUV/PMS process; (B) comparison of TC
degradation in different systems [167].

Using 4 mM S2O8
2− (PS) activated by ultrasound irradiation results in 96.5% removal

of TC and 74% and 61.2% removal of chemical oxygen demand and total organic carbon,
respectively [168]. Moreover, in this case, the TC degradation rate was higher in drinking
water than in ultrapure water.

Ultrasound irradiation combined with Fe3O4 was very effective in the activation of PS
for TC degradation, allowing 89% removal of the drug in just 90 min under the optimal
operation conditions (TC initial concentration 100 mg L−1, persulfate concentration 200 mM,
initial pH 3.7, Fe3O4 concentration 1.0 g L−1 and ultrasound power at 80 W) [169]. Thermal
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activation of PS at 70 ◦C has also been described as a rapid and simple approach to activate
the PS system, with almost complete elimination of TC within 30 min at 70 ◦C and ca. 70%
at 40 ◦C within 240 min [170].

Natural bornite (Cu5FeS4), in which Cu(I) and Fe(III) ions are present abundantly, was
efficient in persulfate activation for TC degradation [171]. The removal efficiency was 81.6%
and the mineralization percentage was 48.7% in 180 min. Indeed, both of these ionic species
can be used to efficiently trigger PS activation for TC degradation. Also, ferromanganese
oxides (FMOs) displayed high activity in activating peroxymonosulfate (PMS) for TC
degradation, allowing 94.3% of TC and ca. 55% of TOC removal after 30 min starting from
an initial concentration of TC of 5 mg L−1 [172]. Electron spin resonance measurements
revealed that Mn-oxides with active surface sites controlled by Fe are responsible for the
generation of SO4

•− radicals and the latter has a preponderant role compared to HO•
radicals in TC degradation. Similar results were found by using magnetic Ni0.6Fe2.4O4 for
activating PS: a TC removal of 86% in 35 min was achieved starting from a concentration of
20 mg L−1 [173].

Gao et al. [174] investigated the TC degradation mechanism of MW-activated PS. The
effects of various experimental parameters such as TC and PS concentrations, initial pH
and MW power were studied. Experiments carried out in the presence of scavengers
revealed that sulfate radicals have a predominant role compared to hydroxyl radicals. By
using the MW alone, the degradation of TC (initial concentration 20 mg L−1) was low as its
removal was only 10.3%; 99.4% of TC was instead degraded within 5 min in the MW-PS
process. Moreover, compared with conventional heating processes, MW heating raised the
degradation rates. When the MW power was varied from 500 to 700 W, the TC removal
efficiency increased.

Ozonation is one of the most popular treatment methods because it can degrade com-
plex substances into simpler by-products. However, due to the slow mass transfer rate of
ozone from the gas phase to the liquid phase and high cost, it has some drawbacks. For this
reason, ozonation is often used in combination with other processes, including O3/H2O2,
O3/UV, O3/ultrasound and catalytic ozonation. Using only ozonation, complete removal
of TC (TC solution 0.5 mM) was achieved in just 4–6 min, but about 40% mineralization
was reached after 2h [175].

After 20 min of ozonation in an internal loop-lift reactor, 2.08 mmol L−1 was almost
totally converted [176]. Moreover, after 90 min of ozonation, 35% of the COD was removed,
and practically no residual acute toxicity was detected. Complete mineralization and
decreased toxicity of by-products were achieved during TC removal by applying ultrasound
in the presence of ozone and a goethite catalyst (US/goethite/O3) [177].

Combined processes including O3/activated carbon, O3/H2O2 and O3/biological
treatment were employed to achieve complete TC mineralization avoiding the formation of
toxic intermediates [178]. When a US/Fe3O4/O3 combined system was used, 100 mg L−1

of TC was nearly removed after 20 min, with a COD reduction of ca. 42% [179]. This COD
reduction reached ca. 89% after 120 min, accompanied by a biological degradability ratio
of 0.694. The system exhibited low energy consumption, excellent stability and reusability.
Ultrasound-enhanced TC ozonation has been also studied using a rectangular air-lift reactor.
The technique removes 91% of the COD and reduces the acute toxicity from initial values
of 95% to 60% after 90 min of reaction [180].

The photocatalytic method has been widely employed for the treatment of wastewater
containing TC. Figure 6 shows the number of papers published since 2000, the year the first
paper appeared (source: Scopus, Elsevier (October 2023) relating to the entry “Photocat-
alytic degradation of tetracycline”). Due to the huge number of publications, only the most
representative have been selected in this review.
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Figure 6. Number of papers published since 2000 on the photocatalytic degradation of tetracycline.

Different photocatalysts and setup configurations (irradiation sources, reactor geome-
try, experimental conditions, etc.) have been tested for TC removal by evaluating sometimes
only the TC disappearing or also its mineralization. Table 10 reports a comparison of dif-
ferent photocatalytic systems for photocatalytic TC degradation. The reported results
highlight the good efficiency of the reported systems in TC degradation under different
experimental conditions. Only some papers reported data related to TC mineralization,
and good TOC removal was found only in a few cases. A direct comparison of the results
is not possible due to the different experimental conditions used by the authors.

Table 10. Results related to TC degradation with different photocatalytic systems.

Photocatalyst Irradiation TC Conc.
Photo Catalyst
Conc.

TC
Degradation

Ref.

TiO2 Ultraviolet 32.44 mg L−1 0.5 g L−1 100%
50% mineralization [181]

C–N–S tri-doped TiO2 Visible light 5.0 mg L−1 0.5 g L−1 99%, 180 min
26% mineralization [182]

α-Fe2O3/TiO2 500 W halogen 29.9 mg L−1 0.614 g L−1 97.5% [183]

Cu2O–TiO2
Cu2O coupled with TiO2
nanotubes

Visible light 100 mg L−1 1.5 g L−1 100%, 60 min [184]

MWCNT/TiO2
nano-composite UVC irradiation 10 mg L−1 0.2 g L−1 100%, 100 min

37.3% mineralization [185]

TiO2@g-C3N4 Xenon lamp 20 mg L−1 0.1 g L−1 100% [186]

Graphitic carbon nitride Visible light 10 mg L−1 1 g/L 77%, 120 min [187]

5-PANI/CuFe2O4 UV-Vis 49.94 mg L−1 0.1 g L−1 86%, 120 min
95% mineralization [188]

Bi2Ti2O7 (BTO) Visible light 25 mg L−1 0.1 g L−1 88.2%, 150 min [189]

CuO/Fe2O3 UV 20 mg L−1 0.05 g L−1 88%, 50 min [190]
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Table 10. Cont.

Photocatalyst Irradiation TC Conc.
Photo Catalyst
Conc.

TC
Degradation

Ref.

ZnO/γ-Fe2O3 UV–visible light 30 mg L−1 0.01 g L−1 88.52%, 150 min [191]

Black graphitic carbon
nitride (CN-B) UV-Vis 30 mg L−1 0.05 g L−1 92%, 120 min [192]

AgI/BiVO4 300 W xenon lamp 20 mg L−1 0.03 g L−1 94.91%, 60 min
90.5% mineralization [193]

UiO-66-NDC/P–C3N4 UV–visible light 30 mg L−1 1 g L−1 95%, 120 min
49% mineralization [194]

3% SnO2/g-C3N4 Visible light 30 mg L−1 0.5 g L−1 95.90%, 120 min [195]

[(L1(Ag4I7)]CH3CN Visible light 20 mg·L−1 0.01 g L−1 97.91%, 180 min [196]

ZnO/NiFe2O4/Co3O4 Natural solar light 30 mg L−1 0.02 g L−1 98%, 20 min
90% mineralization [197]

Bi2Sn2O7/Bi2MoO6 300 W xenon lamp 20 mg L−1 0.035 g L−1 98.7%, 100 min
56.4% mineralization [198]

MIL-88A Visible light 200 mg L−1 0.25 g L−1 99.8% [139]

UiO-66-NH2@WO3/CC Visible light 20 mg L−1 0.02 g L−1 100%, 60 min [199]

In addition to traditional TiO2-based photocatalytic systems, new catalysts have been
prepared with the aim of having more active samples under visible light irradiation. Below,
along with some titania-based photocatalysts, some of the new systems used for tetracycline
removal are described.

Palominos et al. [200] performed the degradation of TC in aqueous suspensions con-
taining ZnO or TiO2 under simulated solar light irradiation. The photocatalytic oxidation
of the antibiotic tetracycline (TC) was performed in an aqueous suspension containing TiO2
or ZnO under simulated solar light. ZnO showed a slightly higher activity than ZnO, and
runs carried out in the presence of appropriate scavengers revealed that in the presence of
TiO2, the TC degradation occurs essentially by direct hole oxidation, and hydroxyl radicals
played a secondary role, whilst when using ZnO, the oxidation is primarily driven by
hydroxyl radicals.

Magnetic g-C3N4@MnFe2O4-graphene coupled systems with a relatively high specific
surface area (SSA) and rapid separation of photoproduced e−/h+ pairs were able to remove
91.5% of TC under visible light illumination in the presence of persulfate in a photo-Fenton-
like reaction [201]. The photocatalyst was recovered by applying an external magnetic field
and reused numerous times without loss of activity.

Doping with Co2+ slows down the rapid recombination of the e−/h+ pair in TiO2
nanosheets. Co-TiO2/rGO nanocomposites synthesized by coating co-doped TiO2 with
rGO sheets using a one-pot hydrothermal method remove 60% of TC (initial concentration
30 mg L−1) in 180 min under visible light with five-cycle repeatability [202]. A heterojunc-
tion core–shell structure consisting of a Co-TiO2 nanofiber core and a g-C3N4 shell showed
excellent photocatalytic performance with 90.8% TC removal and disinfection activity
against E. coli [203]. This photocatalyst is advantageous due to its excellent chemical stabil-
ity and non-toxicity of g-C3N4 with a moderate bandgap (2.7 eV). In a heterojunction with
a flower shape, high-surface-area BiOCl/TiO2 proves excellent for use in photocatalysis,
resulting in 82% removal of TC during 10 min of illumination [204].

Black TiO2 is considered an emerging photocatalyst different from white stoichiometric
TiO2 [16,205]. Black anatase-TiO2 was effective for visible light photodegradation of TC,
allowing ca. 66% removal after 240 min [16].

Calcite coating, CaCO3 (CAL), is widely recommended to limit hole–electron recom-
bination and improve the reusability of TiO2 nanoparticles. A CAL/TiO2 nanocomposite
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produced by the sol–gel method shows TC mineralization greater than 90% under UV
irradiation [206]. Ilmenite, a mixture of NiO and TiO2, is obtained by co-precipitation of
NiTiO3 and TiO2 to form a nanocomposite with a heterojunction [207]. It has a visible
band-gap energy and efficiently produces H2 in addition to removing 58% of TC in just
two hours. Mixed metal oxides (MMOs) showed increased visible light absorption and
charge transfer. Zn/Fe-MMO, for example, is a composite with a layered double hydrox-
ide structure and effectively removes 88% of TC in 2 h of visible light irradiation [208].
The TC removal ability of another MMO, namely TiO2-Fe2O3, is 79.75% [209]. Ternary
AgxO/FeOx/ZnO nanotubes were effective in the photocatalytic removal of TC under
visible light irradiation [210]. The high activity has been ascribed both to interactions of
light with the local magnetized domains in the Fe-containing composites and to efficient
interfacial charge transfer between the different semiconductors. Moreover, the magnetic
separation of the catalyst after the reaction reduces the cost of the separation of the pho-
tocatalyst from the reaction medium and makes the process advantageous compared to
conventional methods.

The combination of Bi2O3 and g-C3N4 produced an effective core–shell material with
a TC removal of 80.2% starting from an initial TC concentration of 10 mg L−1 with the
use of a 250 W xenon lamp with a 420 nm cut-off filter [211]. Tun et al. [212] compared
the photoactivity of Bi2O3, Bi2O3/montmorillonite and Ag-loaded Bi2O3/montmorillonite
composites towards TC degradation under visible light irradiation. The ternary Ag-
Bi2O3/montmorillonite sample exhibited superior outstanding activity due to the increased
specific surface area, enhanced visible light absorption and photoproduced charge separa-
tion. Up to 90% TC removal efficiency was obtained in just 60 min of irradiation starting
from a 20 mg L−1 TC initial concentration. The high activity has been ascribed to the surface
plasmon resonance (SPR) which occurs on Ag nanoparticles. Similar results were found
by Heidari et al. [213]. They compared the activity of Bi2Sn2O7, gC3N4, Bi2Sn2O7-C3N4,
Ag/Bi2Sn2O7, Ag/C3N4 and Ag/Bi2Sn2O7-C3N4 photocatalysts towards TC degradation.
The most active sample was Ag/Bi2Sn2O7-C3N4, eliminating 89.1% of TC (20 mg L−1) over
90 min under simulated solar light irradiation. The high activity has been attributed to both
the formation of a type-II heterojunction between Bi2Sn2O7 and gC3N4 and a surface plas-
monic resonance on Ag nanoparticles. Bi24O31Br10 nanosheets with controllable thickness
exhibited high photocatalytic activity under solar light irradiation towards TC degradation
under visible light irradiation [214]. Starting from an initial concentration of 20 mg L−1,
more than 95% of TC was degraded within 90 min. Ag/Ag2S@BiOI nanowires were shown
to be very effective in TC removal (100 mg L−1), allowing its almost complete degradation
within 60 min under simulated solar light irradiation [215]. Cytotoxicity tests revealed that
this new catalyst is harmless or less harmful to humans after exposure in the visible region.

Reduced graphene oxide@ZnAlTi (rGO@ZnAlTi) photocatalysts have been applied
for the oxidation of TC (10 mg L−1) in the visible light range [216]. Graphene behaves
like an electron donor and improves the adsorption of TC on the composite’s surface. A
removal efficiency of ca. 90% was realized in 120 min, along with a TOC abatement of ca.
80% within 270 min.

The photocatalytic treatment of TC may cause incomplete mineralization and is insuf-
ficient for higher pollutant concentrations. Its integration with adsorption technology or
other AOPs can serve to obtain complete mineralization. The effectiveness of adsorption
for the removal of antibiotics depends on the type of sorbent and properties such as SSA,
porosity and pore diameter. Excellent TC removal is achieved with carbon-based materials,
metal oxides, MOFs, clays, minerals, and composites [217].

Some Bi-containing semiconductors, such as BiOCl coupled to CdS nanoparticles, re-
veal both high adsorption capacity and photocatalytic removal efficiency under visible light
towards TC (20 mg L−1) degradation, resulting in 91.2% removal after 60 min [218]. The
suggested mechanism is chelated TC adsorption followed by photocatalytic degradation.

Zhang et al. [139] coupled a Fe-based metal–organic framework (MIL-88A) with sulfate
radical (SR)-based AOPs for TC degradation under visible light starting from an initial
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concentration of 100 mg L−1. Thanks to a synergistic effect, TC was practically totally
degraded within 80 min (Figure 7).

Figure 7. Degradation of TC by different processes. Reaction conditions: TC (200 mg L−1), MIL-88A
(0.25 g L−1), PS (4.0 mM), initial pH 3.45 [139].

4.2. Ibuprofen

Ibuprofen (IBP), also known as 2-[4-(2-methylpropyl)phenyl] propanoic acid, is a
non-steroidal anti-inflammatory drug typically used as an analgesic, anti-inflammatory
and antipyretic. Different AOPs have been employed for its degradation in water solution.

The ultrasonic method (US) gave good results in IBP removal with an IBP degradation
of 98% in 30 min starting from an initial concentration of 21 mg L−1 with an applied power
of 80 W [219]. The degradation rate was higher in both the presence of air and oxygen, acid
media being the most favorable. BOD5 and COD measures indicated that, although some
dissolved organic carbon remained, IBP was transformed into biodegradable by-products
which could be destroyed in a subsequent biological step.

The activation of PDS, PMS and H2O2 at various ultrasonic frequencies was inves-
tigated [220]. A stock solution for IBP was prepared by dissolving 0.1 g of powder in
methanol. Synthetic wastewater containing IBP was prepared by mixing deionized water
with IBP stock solution. PS, PMS and H2O2 were added to the solution. Batch tests were
conducted to determine the oxidative elimination of IBP. They were also used to investigate
how IBP was degraded in the US-PS, US-PDS and US-H2O2 systems. It was reported that
the IBP degradation followed pseudo-first-order kinetics regardless of the method used.
The rate constant for IBP decomposition was found to be the highest at a frequency of
1000 kHz. US alone was efficient for IBP degradation, and the addition of PS, PMS and
H2O2 improved the decomposition efficiency of IBP.

Direct photolysis by UV light (λ = 254 nm) and UV/H2O2 processes were assessed for
the oxidation of IBP in synthetic solutions (initial concentration 9.90–34.24 mg L−1) [221].
The effects of drug concentration, pH and H2O2 concentration were investigated (Figure 8).
By varying the IBP initial concentration, an average efficiency of 82.63% was obtained
after 270 min, and the oxidation was higher at pH 6. As pKa = 4.9 is for IBU, it is mainly
present in its dissociated form at pH 6, and this finding suggests its higher reactivity with
respect to the protonated species. The optimum amount of H2O2 was 10 mg L−1, which
obtained 97.39% removal after 75 min. TOC and COD measurements revealed the partial
mineralization of IBP both after UV and UV/H2O2 treatment.
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Figure 8. Influence of initial IBP concentration (A), pH (B) and H2O2 concentration (C) on IBP
removal by UV/H2O2 process.

Adityosulindro et al. [222] used a heterogeneous Fenton process in the presence of
a Fe-zeolite catalyst. The Fe-ZSM5 catalyst was effective in removing 20 mg L−1 IBP in
pure water, with 88% degradation but only 27% TOC removal after 180 min at natural
pH = 4.3. The drug decay followed a pseudo-first-order reaction with an activation energy
of 53 kJ mol−1. A few years later, the same research group [223] compared the degradation
of IBP under UV, UV/H2O2, photo-Fenton and sono-photo-Fenton processes by varying
the drug concentration and the irradiation source. In particular, two lamps were used:
lamp L1, 254 nm, 6 W, and visible light lamp L2, 360–740 nm, 150 W. Applying the
photo-Fenton process, by using both lamps, a complete degradation of IBP was obtained
after 3 h while the mineralization was 82% with lamp L1 and 59% with lamp L2. The
coupling of the L2-photo-Fenton process with ultrasound has a beneficial effect only at low
Fe concentrations.

The degradation of IBP by the UV/chlorine and UV/H2O2 AOPs follows pseudo-first-
order kinetics, with the UV/chlorine AOP having a rate constant 3.3 times higher than that
of UV/H2O2 at pH 6. The degradation is sensitive to the dosage of chlorine and to the
pH of the solution (decreasing at pH 9), but not to the temperature or the concentration
of chloride ions. Increasing pH decreases the first-order rate constant and increases the
contribution of reactive chlorine species [38].
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The UV–Vis/H2O2 process was effective in the degradation of IBP (initial concentra-
tion 0.87 mM), allowing ca. 40% of degradation after 2 h [224]. With the addition of 1.2 mM
of Fe(II) in the presence of 0.32 mM of H2O2, the complete degradation was reached with a
mineralization degree of 40%.

Quero-Pastor et al. [225] studied the degradation of IBP (1 mg L−1) by ozonation, also
evaluating the residual toxicity of the solution after the treatment. Under the best opera-
tional condition, an almost complete conversion was reached after 20 min of treatment, but
no mineralization was observed. The results of toxicity tests revealed that the intermediates
are more toxic than the starting drug. Almeida et al. [226] evaluated the effects of single
ozonation, oxidation in the presence of H2O2 and the combination of the two processes
on IBP degradation (initial concentration 20 mg L−1), mineralization and residual toxicity.
When single ozonation was used, IBP was immediately removed, but no important TOC re-
moval was reached. The addition of H2O2 did not present substantial enhancements; when
O3 and H2O2 were combined, a mineralization of 70% was accomplished after 180 min
of reaction.

The investigation of IBP degradation by the UV/Fe3+/Oxone process revealed that
the efficiency depends on the operating parameters, and the best results were obtained at
pH = 3 and with an optimal molar ratio of Fe3+/Oxone/IBP equal to 2:2:1 [227]. Electro-
peroxone treatment resulted in effective IBP removal, enhancing both its degradation
and mineralization [228]. With an initial IBP concentration of 20 mg L−1, O3 gas phase
concentration of 40 mg L−1, current of 300 mA and pH = 7, IBP was completely degraded
after 5 min and mineralized after 60 min.

The degradation of IBP by heterogeneous photocatalysis has been widely investigated
in the presence of different photocatalysts by changing the experimental conditions and
coupling photocatalysis with other technologies. In the presence of bare TiO2, 0.03 g of
photocatalyst was effective in totally degrading IBP (concentration 10−4 M) in 5 min at
pH = 5 under UV irradiation [229].

Candido et al. [230] reported that UV light irradiation of TiO2 suspended in 1 L of IBP
solution (1.0 mg L−1) at 25 ◦C and at pH = 7.8 produced, after 1 h, 92% and 78% removal
of IBP and TOC in pure water and 64% and 35% in spring water, respectively. Ecotoxicity
tests using some bioindicators of environmental conditions revealed that the solution had
residual acute effects after the treatment.

Khalaf et al. [231] demonstrated that a synthetic solution of IBP (initial concentration
25 mg·L−1) can be successfully treated under irradiation in the presence of photoactive
glass coated with TiO2. Moreover, the immobilization of TiO2 on glass substrates avoided
the recovery problems encountered when the photocatalyst is used as powder.

Agócs et al. [232] obtained 81% degradation of IBP (50 μM) in pure water after 60 min
of treatment in the presence of nanometric TiO2, stabilized with cyclodextrins, under
UV irradiation. In tap water, the degradation was slower due to loss of efficiency of the
oxidizing agents.

The activity of TiO2 Degussa P25 under UV LED irradiation towards IBP degradation
was evaluated in pure water and municipal and pharmaceutical wastewaters by measuring
IBP degradation, mineralization and biotoxicity [233]. The process was effective in treating
pure water and wastewater deriving from the pharmaceutical industry and less efficient
in municipal wastewater, probably due to its complex composition. The degradation was
higher at pH near 5.0 due to the enhanced electrostatic attractions between TiO2 and IBP.
For all the matrices, a reduction of 40% in acute toxicity was observed.

Jiménez-Salcedo et al. [234] compared the uses of TiO2 nanoparticles under UV light
and g-C3N4 nanosheets under visible light irradiation for IBP degradation. The authors
observed a higher efficiency of TiO2 with respect to g-C3N4, although the use of a higher-
energy light must be considered. The initial IBP concentration was 5 μg mL−1. With
TiO2, the complete degradation of IBP was achieved in 10 min, whilst more than 3 h was
necessary with g-C3N4; in both cases, no complete mineralization was accomplished.
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By using monoclinic BiVO4 under simulated solar light irradiation [235], an IBP
conversion of 90% was reached after 25 min starting from an initial concentration of
the drug of 10 mg L−1. No information about the mineralization has been reported by
the authors.

By coupling ozonation with photocatalysis in the presence of SrWO4/ZnO, an IBP
removal efficiency of 93% and a 55% BOD elimination were obtained under UV irradiation
starting from an initial drug concentration of 0.1 mg L−1 [236].

Fidelis et al. [237] studied the degradation of IBP by combining different methods:
ozonation, photolytic ozonation, photocatalysis and photocatalytic ozonation (Figure 9).
The single methods afforded a good IBP removal rate but a low mineralization degree.
A synergistic effect was instead noticed in photocatalytic ozonation, with a complete
degradation of IBP after 12 min and a 98% TOC reduction in 30 min of reaction.

Figure 9. IBP (A) and TOC (B) removal with the different processes [237].

4.3. Oxytetracycline

The broad-spectrum antibiotic oxytetracycline (OTC) has notable biodegradability but
has bioaccumulation and persistence properties and consequently is extremely harmful to
human health.

Its abatement (initial concentration 5 mg L−1) has been studied both in synthetic
(ultrapure water) and real wastewater matrices using hybrid systems that combine microfil-
tration (MF) with photolysis (UVA/MF) or heterogeneous photocatalysis in the presence of
a TiO2-P25 photocatalyst [238]. A photocatalytic membrane reactor (PMR) has been tested
using TiO2-P25 nanoparticles both in suspension and immobilized on a nanoengineered
membrane (NEM). A higher photocatalyst loading results in higher OTC removal efficiency
(90% in 30 min), but a greater decrease in permeate flux because a denser TiO2/P25 cake
layer formed. The presence of NEM led to the improvement of the antifouling properties
and also a decrease in the permeate flux.

Photo-Fenton catalytic activity for OTC degradation was tested with a MnFe2O4/g-
C3N4 heterojunction composite which exhibited excellent catalytic activity as approximately
80.5% was removed in 10 min. OTC breakdown was primarily started by h+ oxidation,
with HO• and O2

•− playing only minor supporting roles [239]. The hypothesized reaction
mechanism is reported in Figure 10. Through h+ attacks, OTC molecules are oxidized,
producing different intermediates by eliminating groups like -OH, -NH2, -CH3 and -
CONH2 and breaking the benzene ring. The intermediates are further degraded by h+,
HO• and O2

•− and form aliphatic compounds, tiny organic acids, CO2 and water.
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Figure 10. Possible degradation pathways of OTC in the photo-Fenton catalytic system [239].

The photocatalytic method using persulfate (PS) and Fe3O4/MIL-101(Fe) allowed
the occurrence of 87.1% degradation of 70 mg L−1 of OTC in 60 min [240]. MWCNTs-
CuNiFe2O4 nanomaterials were utilized to effectively remove OTC from an aqueous
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solution in the presence of persulfate following the mechanism shown in Figure 11 [241].
Excellent adsorption characteristics toward OTC were shown by the MWCNTs-CuNiFe2O4
combination, which also successfully activated potassium persulfate (KPS) for drug re-
moval. By using a catalyst concentration of 10 mg L−1 with an initial concentration of OTC
equal to 300 mg L−1, 88.6% degradation was achieved. SO4

•− and HO• radical-capturing
agents such as ethanol and isopropyl alcohol were used to investigate the reaction mech-
anism. The outcomes showed that the presence of these quenching agents reduced the
removal effectiveness of MWCNTs-CuNiFe2O4, confirming the active role of these radicals
in the degradation process.

Figure 11. Mechanism of degradation of OTC by using MWCNTs-CuNiFe2O4/KPS system [241].

Ozonation was also proved to be beneficial for the degradation of OTC. Li et al. [242]
investigated how ozonation affected OTC degradation at various pH levels. Chemical
oxygen demand (COD), the concentration of oxytetracycline and the BOD5/COD ratio were
used to measure the effectiveness of the ozonation process. Using bioluminescence assays,
the hazardous potential of OTC degradation was also investigated. The findings suggested
that in pharmaceutical wastewater containing a high OTC concentration, ozonation as a
partial step in a combined treatment concept can boost biodegradability.

4.4. Lincomycin

Lincomycin is an antibiotic found in water effluents. Its structure is shown in Figure 12.
TiO2-based nanomaterials, including TNAs (TiO2 nanotube arrays), TNWs/TNAs

(TiO2 nanowires on nanotube arrays), Au-TNAs and Au-TNWs/TNAs, were developed for
enhanced photocatalytic degradation of antibiotics in aquaculture wastewater. TNWs/TNAs
showed higher activity than TNAs due to larger surface area [243]. Au-TNWs/TNAs
showed the highest activity under UV-VIS or VIS irradiation, exhibiting 100% efficiency
in 20 min (lincomycin concentration 500 ng mL−1) with reaction rates of 0.26 min−1 and
0.096 min−1, respectively. The high activity of Au-TNWs/TNAs can be ascribed to the
synergistic effects between the high surface area and the surface plasmonic effect of Au
nanoparticles. Augugliaro et al. [244] reported that lincomycin is broken down by pho-
tocatalytic oxidation in aqueous suspensions of Degussa P25 polycrystalline TiO2, using
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a hybrid system consisting of a solar photoreactor and a membrane module. The initial
lincomycin concentration was 20 μM. The reported kinetics are pseudo-first-order with
high membrane rejection for lincomycin and its oxidation products.

Figure 12. Structure of lincomycin.

As a highly effective metal-free photocatalyst, graphitic carbon nitride (g/C3N4) shows
promising behavior for the degradation of drugs. Adjusting the energy band, improving
charge extraction and adding a cocatalyst enhances the g/C3N4 photocatalytic activities
and increases both the degradation rate and conversion degree of lincomycin under visible
light irradiation [245]. Carbon quantum dots (CDs) were added as cocatalysts to improve
the formation of O2

•−; graphene oxide (rGO) was employed to improve the charge mobility.
The most active improved photocatalyst was CD-rGO-O-g/C3N4, which exhibited a tenfold
increase in degradation rate when compared to the original g/C3N4. Starting from an initial
concentration of the drug of 100 mg L−1, 99% degradation was achieved after 180 min. The
active species, such as O2

•−, HO• and h+, contribute differently to the degradation in each
of the photocatalysts.

Metal–organic framework (MOF)-based photocatalytic treatment of lincomycin using
Basolite F300 as a catalyst in the presence of two oxidants (H2O2, S2O8

2−) was reported
by Kontogiannis et al. [246]. The results showed that the drug elimination was completed
within 2 h, and the oxidant concentration (0–300 mg L−1) affected the process rate. The best
concentration for attaining maximum degradation was 100 mg/L for both oxidants. After
120 min, just 8% of MOFs were degraded according to photolysis studies. The photocatalyst
Basolite® F300 was activated using H2O2 as an oxidant in order to study the photocatalytic
process. MIL-100 surface iron sites showed Fenton-type activity, which synergistically
increased degradation. When H2O2 was added, the rate of degradation increased to 95%
in 90 min, indicating catalyst activation and a conceivable heterogeneous photo-Fenton
reaction involving Fe-sites and H2O2. The mechanism of the reaction pathway is shown
below in Figure 13.
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Figure 13. Mechanistic reaction pathways taking place on Basolite F300 as a catalyst activated by
hydrogen peroxide or persulfate [246].

A Zr-based metal–organic framework (MOF), known as VNU-1, with increased pore
size and improved optical properties, was prepared and used as a photocatalyst for the
degradation of antibiotics [247]. The prepared sample was as active as well-known P25 in
the removal of lincomycin, and a contemporary TOC decreasing to 95% was accomplished.
After five cycles, the catalyst maintained its high photodegradation performance (e.g., 100%
photodegradation in 10 min).

In perspective, good results can be obtained by combining a series of measures that
enhance the photocatalytic activity, such as the doping of structured materials. Using
nanowires on an Au-TiO2 nanotube array causes 83% degradation of lincomycin in 20 min
upon irradiation with visible light. This result can be attributed to the nanowires having a
larger surface area than TiO2 nanotubes [248].

4.5. Amoxicillin

Çağlar Yilmaz et al. [249] compared the activity of commercial TiO2 P25 and lab-
prepared bare and Co-doped TiO2 towards the degradation of amoxicillin (AMX) under UV-
C and visible irradiation. Co-TiO2 was the most active photocatalyst, allowing the complete
elimination of 100 mg L−1 of AMX after 240 min under UV-C irradiation and after 300 min
under visible light. TiO2 nanoparticles loaded on graphene oxide (GO/TiO2) removed
more than 99% of AMX (initial concentration 50 mg L−1) under UV light irradiation using
a lamp with an intensity of 36 W [250]. Photoproduced holes were the main active species
in degrading AMX, and TOC analyses revealed a good mineralization degree, obtaining
a COD and TOC removal of 91.25% and 89.7%, respectively. The photocatalysts showed
good stability, recyclability and efficiency in reducing the initial toxicity of the solution.
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Nanostructured photocatalysts consisting of titanium dioxide doped with iron and
nitrogen (Fe3+-TiO2-xNx) synthesized using the sol–gel (SG) method and microwave (MW)
technology, were tested for their ability to break down amoxicillin (AMX) [251]. Higher
activity was observed for the materials manufactured using the SG approach, and degrada-
tion efficiencies of 58.61% for SG and 46.12% for MW samples were observed after 240 min
of visible light at pH 3.5.

Al-Musawi et al. [252] carried out the photocatalytic degradation of AMX by using a
Fe2O3/bentonite/TiO2 nanocomposite under both visible LED light and UV irradiation.
The reaction rate followed a pseudo-first-order kinetics, and starting from an AMX concen-
tration of 25 mg L−1, under UV light, a complete degradation of the drug was obtained in
60 min, while under visible light, a removal percentage of 98.8% was observed in 90 min.

The electrophotocatalytic treatment of an AMX aqueous solution (100 mg L−1) was
studied by measuring the chemical oxygen demand (COD) [253]. The degradation of the
drug was 79% after 120 min of irradiation.

Elmolla and Chaudhuri [254] compared Fenton, photo-Fenton, UV/ZnO and TiO2
photocatalysis processes in the degradation of AMX. All methods were effective in AMX
oxidation, and, except for UV/ZnO, an enhancement of the residual solution biodegrad-
ability was measured by the BOD5/COD ratio evaluation. The best results were obtained
by the photo-Fenton process.

4.6. Erythromycin

Erythromycin (ERY) is a penicillin medication that can remain in nature for up to a
year, preserving its antibiotic activity. The inefficiency of conventional ERY degradation
methods has prompted the development of cutting-edge technologies such as AOPs [255].

Chu et al. [256] studied ERY removal using PS activated by gamma radiation in
different systems. The degradation rate follows the order deionized water > groundwater >
secondary treated municipal wastewater, and in the deionized water, ERY was eliminated
with a TOC removal of 25%.

Albornoz et al. [257] carried out ERY degradation by direct photolysis and by using
photocatalysts such as TiO2, Ti1-xSnxO2 and a commercial TiO2 mesh under UV-A irradia-
tion. Under direct photolysis, only a low degree of degradation and mineralization was
observed with the formation of low-molecular-weight carboxylic acids (Figure 14). In the
presence of photocatalysts, the best results (complete degradation after 4 h) were obtained
with the sample Ti1-xSnxO2 due to the formation of a type-II heterojunction between TiO2
and SnO2.

Figure 14. Photolytic and photocatalytic degradation of erythromycin.
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Photocatalytic mineralization of ERY in aqueous TiO2 suspensions using commercially
available TiO2 catalysts was also reported in the literature [258]. The most effective catalyst
was Degussa P25, which reduced 90% of total organic carbon after 90 min of reaction with
an ERY initial concentration of 10 mg L−1.

Vignesh et al. [259] reported that when both zinc phthalocyanine and TiO2 nanoparti-
cles were used, a significant improvement in photocatalytic activity was demonstrated in
comparison to pure TiO2. A 74% degradation of ERY was achieved in 3 h by irradiation
with visible light, while the undoped material degraded only 31.6% of the antibiotic under
the same experimental conditions.

A composite g-C3N4/CdS photocatalyst showed good activity towards ERY degrada-
tion under simulated solar light irradiation [260]. Starting from an initial concentration of
50 mg L−1, ca. 80% of the drug was converted in 1h. The high activity has been ascribed to
the formation of a Z-scheme between g-C3N4 and CdS with an efficient charge separation.

The activity of CaCO3 (calcite) towards ERY (initial concentration 30 mg L−1) removal
was explored under both UV and solar light irradiation by Mohsin et al. [261]. After 2 h of
UV irradiation, 73% of conversion was reached, while 6 h was necessary under sunlight to
remove 93% of ERY. Moreover, under sunlight irradiation, a reduction of 78.5%, 77.6% and
64.5% in COD, BOD and TOC was achieved, respectively. The photocatalyst showed good
stability, maintaining its activity unchanged after three cycles.

γ-Fe2O3/SiO2 composites allowed ca. 87% ERY degradation after 6 min of UV-C
(λ = 254 nm) irradiation starting from a concentration of 6 mg L−1 of the drug [262]. The
high activity is due to the high absorbent properties of silica combined with the good
photocatalytic performance of γ-Fe2O3 under sunlight.

4.7. Sulfonamide

Sulfonamide antibiotics are widely used in human and veterinary medicine and as
herbicides in agriculture [263]. They are very dangerous for the environment because they
present a very stable structure that is difficult to break down with traditional processes.

P-doped TiO2-αFe2O3 mixed oxide catalysts were used together with K2S2O8 for
photocatalytic degradation of a sulfonamide mixture containing sulfadiazine (SDZ), sul-
famerazine (SMRZ) and sulfamethazine (SMTZ) (5 mg L−1 each) in a coupled process [264].
In 300 min under visible light irradiation, 69% mineralization was achieved.

Using 0.05 g Bi2O3-TiO2/PAC catalysts, a 250 mL solution containing 20 mg L−1 of
three different sulfonamides, namely sulfamethoxazole (SMX), sulfamethazine (SMT) and
sulfadiazine (SDZ), was treated under solar light irradiation [265]. The degradation was
ca. 100% for SMX after 30 min and ca. 100% for SDZ and 75% for SMT after 60 min of
reaction. Tests carried out in the presence of trapping agents revealed that h+ was the main
active species in degrading SMX whilst O2

•− played the main role in the oxidation of SMT
and SDZ.

Batista and Nogueira [266] investigated the parameters influencing the photo-Fenton
degradation of two antibiotics belonging to sulfonamide family, namely sulfadiazine (SDZ)
and sulfathiazole (STZ). The addition of Fe(III)-oxalate improved the drugs’ oxidation
with respect to free iron, and at pH = 5 in the presence of H2O2, the complete degradation
occurred in 8 min.

O3, H2O2 and O3/H2O2 processes were compared in the degradation of sulfonamides
such as sulfamethoxazole (SMX), sulfasalazine (SSZ), metronidazole (MNZ) and sulfamet-
hazine (SMT) [267].

The best results were found utilizing the O3/H2O2 process due to a synergistic effect
between the two methods, and a maximum degradation efficiency of 98.10%, 89.34%,
86.29% and 58.70%, was obtained for SSZ, SMX, SMT and MNZ, respectively, under
optimum experimental conditions.
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4.8. Ciprofloxacin

Ag3PO4 nanoparticles deposited onto TiO2 nanotube arrays gave rise to a heterojunc-
tion that displayed high photocatalytic activity in degrading ciprofloxacin (CIP) under solar
light irradiation [268]. Starting from an initial concentration of 10 mg L−1, ciprofloxacin
was destroyed by 78.4% in a 60 min period of irradiation. Liu et al. [269] compared the
degradation of CIP (initial concentration 20 mg L−1) by using TiO2 P25 and lab-made
TiO2 nanosheets and composite TiOF2/TiO2 flower-shaped nanosheets under simulated
solar light irradiation. Different TiOF2/TiO2 samples were prepared by the hydrother-
mal method at different temperatures: 140, 160, 180 and 200 ◦C. Composite nanosheets
synthesized at 160 ◦C were the most active samples due to the formation of an efficient
heterojunction allowing a decrease in the recombination rate of the photoproduced charges
and an enhancement of the charge transfer (Figure 15). The TiOF2/TiO2 nanosheets allowed
a 93.7% degradation of the antibiotic after 90 min of irradiation.

Figure 15. (A) Photocatalytic degradation of ciprofloxacin, (B) photoluminescence spectra, (C) elec-
trochemical impedance spectroscopy measures and (D) heterojunction scheme.

El-Kemary et al. [270] investigated the photocatalytic activity of synthesized ZnO
nanoparticles for the degradation of CIP under UV light irradiation in an aqueous solution
at different PHs. The degradation process of CIP showed a pseudo-first-order reaction, and
50% degradation was observed after 60 min at pH = 10 and pH = 7.

Wen et al. [271] reported that upon exposure to visible light, CeO2-Ag/AgBr compos-
ite photocatalysts with a Z-scheme arrangement demonstrated improved photocatalytic
activity for the degradation of CIP. Accelerated interfacial charge transfer and better pho-
togenerated electron–hole pair separation were credited with the improved performance.
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Zn-doped Cu2O synthesized by a solvothermal method exhibited excellent photoactivity
towards the degradation of 20 mg L−1 of CIP, removing about 94.6% of it after 240 min [272].
Runs carried out in the presence of specific trapping agents revealed that the main active
species responsible for the drug degradation were HO• radicals and h+.

Photo-Fenton activity of rGO-ZnFe2O4 towards CIP degradation was boosted by
the thermal effect inducing H2O2 activation [273]. The integrated process showed excel-
lent photoactivity thanks to a synergistic effect and displayed a superior performance
when compared to a solely photo-Fenton or thermal-Fenton process in lowering the H2O2
activation barrier and speeding up the production and spread of radicals.

Ge et al. [274] reported that LaFeO3/polystyrene (LFO/PS) photo-Fenton catalysts,
prepared using ultrasound-assisted sol–gel and hydrothermal methods, were highly effi-
cient (98.38%) for antibiotic degradation under the following experimental conditions: CIP
concentration 10 mg L−1, H2O2 5 mmol L−1 and pH = 9.00. Moreover, the TOC removal
efficiency reached 76.44%. Finally, Gupta and Garg [275] carried out CIP degradation using
a classical Fenton process in synthetic wastewater containing an initial concentration of the
drug of 100 mg L−1. Under the best experimental conditions, after 1 h, CIP degradation
and TOC removal were 70% and 55%, respectively.

5. Challenges

As reported in this review, the use of a single AOP for the removal of drugs from
wastewater may be, in many cases, insufficient to remove both the original drugs and their
intermediates. Coupling of different AOPs can overcome this problem by allowing a more
efficient decontamination of the effluents. Under appropriate experimental conditions,
the use of integrated AOP systems is also convenient from an economical point of view
because the pollutants can generally be mineralized, and less energy is needed. However, it
is important to evaluate the quality of the treated water by considering its residual toxicity
after the application of combined AOPs. Moreover, experiments in actual conditions
must be incremented because the presence of specific chemical species can positively or
negatively influence the performance of the process.

As the combined AOP treatments are still at the initial stage, in-depth research for cost
reduction after a rigorous economic assessment deserves much attention and can provide
positive surprises in the future. One possible benefit can be the use of solar light as an
energy source in the activation of the different involved species.

6. Conclusions

The presence of pharmaceutical residues in wastewater is continuously growing due
to increasing use, and their removal represents one of the emerging concerns regarding
environmental protection and restoration. These compounds are present in a large variety,
and they are extremely stable, very complex and highly persistent in the aquatic environ-
ment. Treatment using AOPs has been revealed to be effective for the removal of different
drugs both in lab-prepared and real wastewater effluents due to the formation of highly
reactive and unselective radicals which are the oxidizing species. In general, for almost
all drugs, a good degradation efficiency was found in short treatment times with various
AOPs. A weak point of some of these technologies is the low degree of mineralization
of the drugs and the occurrence of only a partial oxidation giving rise to intermediates
that are often more dangerous than the original compounds. Furthermore, many of the
reported investigations have been conducted at laboratory or pilot scales, and large-scale
application is still limited. This is probably due to the high operating (especially energetic)
cost of most of the combined AOP processes.
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Abstract: Graphitic carbon nitride (g-C3N4) as a fascinating conjugated polymer has attracted
considerable attention due to its outstanding electronic properties, high physicochemical stability,
and unique structure. In this work, we reported the characterization of g-C3N4, which was simply
synthesized by thermal polymerization of thiourea, the photocatalytic degradation kinetics, and the
pathway of levofloxacin (LEV) using the prepared g-C3N4. The XRD and SEM results confirmed a
crystalline graphite structure with a tri-s-triazine unit and stacked sheet-like layers of g-C3N4. The
efficacy factor (EF) was compared to different photocatalytic processes to assess the LEV removal
performance. g-C3N4 exhibits good stability as a photocatalyst during LEV photodegradation.
Radical scavenger experiments revealed that in the oxidative degradation of LEV, •O2

– and h+

played the determining roles. Moreover, based on the identification of intermediates using liquid
chromatography with tandem mass spectrometry (LC-MS/MS), the degradation pathway of LEV
was proposed.

Keywords: antibiotics; pH-effects; adsorption; kinetics; mechanism; radical scavenging; intermediates

1. Introduction

Antibiotics have been widely used in all aspects of human life against infectious
diseases. The existence of antibiotics in diverse environments is harmful to human health
due to their potential toxicity, carcinogenicity, mutagenicity, and endocrine disruption.
Currently, more and more cases are resistant to antibiotics, which hinders the treatment
process [1,2]. This is due to many different reasons, but one of the main reasons why
bacteria are resistant to specific drugs, making them ineffective when used in humans, is
antibiotic pollution [3–5].

Levofloxacin (LEV) is classified as a third-generation quinolone. It is active against
both Gram-positive and Gram-negative bacteria and is used in the treatment of many
diseases, including urinary, respiratory, and gastrointestinal tract infections [6–8]. LEV is
excreted as unchanged drug mainly in the urine (>80% of the dose) [9]. With its complex
molecular structure, high stability, and low biodegradability, LEV removal has received
increasing attention. To date, photocatalysis has become a promising process for the
removal of LEV in water [10–18]. This method utilizes abundant solar energy, and avoiding
secondary pollution is considered a friendly environmental solution.
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g-C3N4 is a popular metal-free semiconductor with an appealing electronic band
structure and high physicochemical stability. Moreover, g-C3N4 has many advantages,
such as an average band gap energy (Eg) value of ≈2.7 eV to aid the visible light absorp-
tion, low cost, and facile preparation, promising for photocatalytic applications. These
properties make it conspicuous among other metal oxides, for example TiO2, ZnO and
SnO2. g-C3N4 is synthesized from nitrogen-rich precursors such as urea [19], melamine [20],
cyanamide [21], and dicyandiamide [22]. The common methods used for the preparation
of g-C3N4 are thermal polymerization [23], hydrothermal [24], and sol-gel [25]. In this
study, g-C3N4 was synthesized by thermal polymerization of thiourea calcining at 550 ◦C.
The morphology, structure, and optical properties of the prepared photocatalysts were
described and analyzed in detail. The kinetics and optimization of experimental param-
eters (initial pH value, catalyst content and initial LEV concentration) for photocatalytic
degradation of LEV and the reusability of the photocatalyst were also reported. To assess
the LEV decomposition efficiency by the g-C3N4 photocatalyst, the efficacy factor was
calculated. Furthermore, the identification of intermediates was analyzed to propose the
LEV degradation mechanism. Although g-C3N4 modified with various dopants, metal
depositions or combined with other photocatalysts forming composites or Z-schemes were
applied for the degradation of LEV without additional oxidants or in the presence of
peroxomonosulfate [26–30], unmodified g-C3N4 has not been used so far for this purpose.
Additionally, a systematic study involving pH-effects, adsorption, kinetics, and mechanistic
investigation has not been made with this photocatalyst−pollutant combination; hence,
these results serve useful comparisons, too.

2. Results and Discussion

2.1. Characterization
2.1.1. XRD Analysis

The XRD spectroscopy of g-C3N4 is shown in Figure 1. It can be seen the presence
of two peaks corresponds to the graphite structure with a tri-s-triazine unit [3,31,32]. The
sharp peak at 27.3◦ is attributed to the interplanar stacking of aromatic systems, which
can be indexed to the (002) crystal plane [19,20]. The small peak at 13.2◦ is related to the
cyclic arrangement of the condensed tri-s-triazine unit in the structure, which could be
indexed to the (001) plane (JCPDS No. 87-1526) [21–23]. Broad and weak reflections at
approximately 2θ = 17.7◦ and 2θ = 21.9◦ are typical of melamine. It can be reasonably
hypothesized that a network of hydrogen-bonded melamine/triazine units is present inside
the heptazine framework [33].
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Figure 1. XRD pattern of g-C3N4 catalyst.

2.1.2. SEM Analysis

As can be seen in Figure 2, the morphology of g-C3N4 consists of stacked sheet-like
layers. The sizes of the plates are not uniform and agglomerate together into a block.
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(a) (b)

Figure 2. SEM images of g-C3N4 catalyst with different resolutions. (a) 50,000× magnification,
(b) 20,000× magnification.

2.1.3. Optical Measurements

Absorption spectroscopy was applied to study the optical properties of the synthe-
sized sample, which can play important roles in the photocatalytic behavior. Figure S1
shows the UV-Vis diffuse reflectance spectra and the Tauc plot [34] of the g-C3N4 sam-
ple. The latter one indicates the band gap (Eg), which was determined to be 2.60 eV for
the prepared g-C3N4. This is in good accordance with the value measured in our previ-
ous work [35,36]. Using the band-gap energy, the edge potential of the conduction band
(CB) and valence band (VB) can be estimated by application of the following equations
(Equations (1) and (2)) [17]:

ECB = EVB − Eg (1)

EVB = χ − Ee + 0.5Eg (2)

where χ designates the Mulliken electronegative symbol of g-C3N4 (4.73 eV [37]), while
Ee represents the energy of free electrons on the hydrogen scale (Ee ≈ 4.50 eV, [38]). Thus,
EVB estimated for this semiconductor is 1.53 eV, while ECB is −1.07 eV. The latter is far
more negative than the potential needed for the reduction of O2 to •O2

– (−0.16 eV [39]).
However, the edge potential of VB seems to be rather low for the oxidation of H2O or
OH− to •OH, considering the corresponding redox potential (2.27 eV, [27]). On the basis
of these results, one would expect that in the degradation of LEV in this work, hydroxyl
radicals cannot play determining roles, while superoxide is a good candidate for that, and
the valence-band holes can also be taken into consideration in this respect.

2.2. Optimization of the Experimental Conditions for LEV Photodegradation in Solution
2.2.1. Effect of Initial Solution pH Value

The initial pH value of the solution plays an important role in the photodegradation
of antibiotics. According to previous studies, pH can affect the LEV removal ability of the
catalyst [40–42]. The influence of pH media on LEV treatment with g-C3N4 was studied,
and the results are illustrated in Figure 3.

When the initial solution pH value increased from 3 to 5, the LEV removal efficiency
(H%) exhibited an extreme increase from 36.3% to 80.1%, and the corresponding k value
increased from 0.006 min−1 to 0.021 min−1. As the pH values changed from 5 to 10, the LEV
degradation efficiencies decreased from 80.1% to 41.9% and the corresponding k-values
decreased from 0.021 min−1 to 0.008 min−1. These results suggest that neutral or weakly
acidic media are better for the LEV removal, while strong acid or strong basic conditions
hinder the catalytic degradation performance. In accordance with the degradation rates,
the efficiency of the adsorption of LEV on the surface of the catalyst particles shows
a similar tendency upon changing the initial pH (see the “dark” range of Figure 3a).
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This confirms that adsorption of is strongly correlated with the rate and efficacy of the
photocatalytic degradation.

C
/C

0

Time (min)

 pH 3
 pH 5
 pH 7
 pH 9
 pH 10

Dark Light

ln
 C

0/C

Time (min)

 pH 3,  k =  0.0062 min 1

 pH 5,  k =  0.0210 min 1

 pH 7,  k =  0.0154 min 1

 pH 9,  k =  0.0116 min 1

 pH 10, k = 0.0079 min 1

 

(a) (b)

Figure 3. (a) Effect of initial solution pH on the photocatalytic activity and (b) first-order kinetic curves.

The above results can be explained by the following aspects. First, the dissociation
state of the pollutant and the surface charge of the catalyst vary with pH. As is known,
levofloxacin has two dissociation constants: 6.02 (pKa1) and 8.15 (pKa2), which means
that levofloxacin exists as LEV+ cation (pH < 6.02), LEV± neutral state (in the pH range
6.02–8.15) and LEV− anion (pH > 8.15) [10,41]. In addition, g-C3N4 exhibited a zero
charge point (pHpzc) around 6.97 (Figure 4), indicating that the catalyst surface is positively
charged at pH < 6.97 and negatively charged at pH > 6.97. Hence, electrostatic repulsion
between LEV and g-C3N4 may occur due to their uniform charge characteristics under
extreme acidic or alkaline conditions, which restrained the contact between the catalysts
and the contaminants, thus reducing the catalytic efficiency [11,41].
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Figure 4. pHpzc determination for g-C3N4.

The generation of reactive oxygen species, which include superoxide anion radicals
(•O2

–), hydroxyl radicals (•OH), hydroperoxyl radicals (•HO2), and hydrogen peroxide
(H2O2), during the photocatalytic process may be another important factor that accounts
for the change of LEV removal efficiency with pH. At higher pH, a large amount of OH–

ions are present on the surface of the catalyst, which facilitates the formation of •OH.
When reaching strong alkalinity (pH 10), excess •OH and LEV molecules will compete
for adsorption on the surface of g-C3N4, thus reducing the adsorption amount of LEV
molecules on the surface of g-C3N4, resulting in a reduction in photocatalytic degradation
efficiency [41]. With a pH environment near pHpzc, the surface of the material is almost
uncharged and practically unaffected by the electrostatic repulsion that occurred between
g-C3N4 and LEV. LEV primarily appeared as a zwitterion as the pH value increased to
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neutral, making active species attack easier [12]. Therefore, pH 5 with the highest catalytic
treatment efficiency was selected as the optimal pH in this experiment.

The results of the effect of photolysis on the degradation of LEV pollutants at pH 5,
are depicted in Figure 5. Without the use of a photocatalyst, the photolysis experiment
was carried out under the same reaction conditions (pH 5, and 10 mg/L concentration
of LEV). The results showed that solar light irradiation did not significantly affect the
degradation of LEV (H = 6.5%), indicating that its absorption in the UV range results in
only a slight decomposition. An experiment using g-C3N4 photocatalyst was carried out in
the dark with optimal reaction conditions to investigate the impact of adsorption on the
removal of the LEV drug. In the dark, a small amount of LEV adsorption was observed,
indicating that adsorption was not a main factor for the removal of LEV (H = 16.0%). A
noticeable degradation of LEV was seen when a solution of LEV-containing photocatalyst
was exposed to solar light. It is evident from Figure 5 that photocatalysis played a major
role in the degradation of LEV (H = 80.1%).
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Figure 5. Comparison between photolysis, adsorption and photocatalysis by g-C3N4.

2.2.2. Effect of Photocatalyst Concentration

The effect of catalyst dose on the degradation of LEV was investigated using five dif-
ferent doses of g-C3N4 composite (i.e., 0.1, 0.2, 0.5, 0.7 or 1.0 g/L) in 100 mL LEV (10 mg/L)
at pH 5. The results are shown in Figure 6, which shows that the degradation efficiency of
LEV improved with increasing the catalyst dose. As shown in Figure 6, the correspond-
ing removal rate constants at different catalyst concentrations were 0.0074, 0.0140, 0.0210,
0.0283 and 0.0251 min−1. The effect of catalyst dosage can be explained by the following
reasons. Increasing the amount of catalyst results in a higher number of active sites and a
higher density of catalyst particles in the illuminated area. Therefore, the photocatalytic
capacity of the material is improved, resulting in faster decomposition [43]. However, if the
catalyst content is continuously increased, it may lead to an excessive density of particles
suspended in solution, which hinders light penetration and promotes the light scattering
effect (i.e., prevents light absorption during the reaction). Consequently, further increasing
the catalyst dosage (1.0 g/L) did not lead to an improvement in photocatalytic performance.
Therefore, a dose of 0.5 g/L was optimal for photodegradation of LEV in 60 min.

2.2.3. Effect of Initial LEV Concentration

The influence of the original LEV concentration on the photocatalytic efficiency is
displayed in Figure 7. With the increase of LEV concentration from 5 mg L−1 to 20 mg
L−1, the removal efficiency of LEV gradually declined from 83.62% to 43.17% within 60
min irradiation, and the corresponding k value decreased from 0.0305 min−1 to 0.0073
min−1. Clearly, the higher initial LEV content had a negative impact on the catalytic
behavior of the g-C3N4 photocatalyst. The reduction in removal efficiency might be
derived from the fact that the limited number of reactive species produced at the catalytic
system was insufficient to attack the excess pollutants. When the LEV concentration is
increased, the photons are blocked before reaching the catalyst surface, causing a lower
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amount of •OH and •O2
– radicals (the photogenerated electrons react with the dissolved

O2 on the surface of g-C3N4 and transform to •O2
–), meaning the removal efficiency is

decreased [44]. Besides, the higher LEV content would block the penetration of visible
light and cover the active site of the catalyst, subsequently inhibiting the formation of the
active species [42]. Simultaneously, as the initial LEV concentration increased, more and
more complex intermediates might be generated in the reaction system, which would also
compete with the target pollutant for constant active species, resulting in a decrease of LEV
photodegradation. Nevertheless, if we take the absolute rate into account, multiplying the
rate constant with the corresponding initial concentration, the highest value is obtained
for the 10 mg L−1 concentration (0.210 mg L−1 min−1). The absolute rate moderately
decreased at higher concentrations, but even at 20 mg L−1, it just slightly dropped below
that observed for the 5 mg L−1 concentration (0.146 vs. 0.153 mg L−1 min−1). It means that
the hindering effects described above are overcompensated by the increase in the rate due
to the higher concentration in most of the range studied.
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Figure 6. (a) Effect of photocatalyst content on the photocatalytic activity and (b) first-order
kinetic curves.

C
/C

0

Time (min)

 5 mg/L
 10 mg/L
 15 mg/L
 20 mg/L

Dark Light

ln
 C

0/C

Time (min)

 5 mg/L;   k = 0.0305 min 1

 10 mg/L; k = 0.0210 min 1

 15 mg/L; k = 0.0128 min 1

 20 mg/L; k = 0.0073 min 1

 

(a) (b)

Figure 7. (a) Effect of initial LEV concentration on the photocatalytic activity and (b) first-order
kinetic curves.

2.3. Efficacy Factor of the Photocatalyst

The efficacy factor (EF), which describes the number of contaminants eliminated
per concentration of catalyst per treatment time, is used to assess the LEV removal per-
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formance by different photocatalytic processes. The EF calculation formula is given
as Equation (3) [45]:

EF =
Concentration of LEV (mg/L) × % of its reduction

Catalyst concentration (mg/L) × time (min)
(3)

From the results of optimized experimental conditions, the performance factor was cal-
culated to compare the photoactivity of reported catalysts for LEV removal. The calculated
results are shown in Table 1.

Table 1. Comparison of different photocatalytic processes for degradation of LEV.

Photocatalyst Catalyst (g/L) LVFX (mg/L) Removal (%) Time (min) EF Ref.

g-C3N4 0.5 10 80.1 60 2.67 × 10−4 This study
CaTiO3/g-C3N4 0.2 20 87.7 120 7.31 × 10−4 [13]
Co/Fe-CN-PMS 0.4 20 92.1 50 9.21 × 10−4 [11]

TOB CN (1-3) 0.2 10 99.2 50 1.98 × 10−4 [46]
BiOCl/g-C3N4 0.25 10 94.2 150 2.51 × 10−4 [47]

Cu (0)/PCN 1.0 15 98.2 60 2.45× 10−4 [14]

The results in Table 1 show that the metal-free g-C3N4 photocatalyst has a relatively
good EF coefficient and can be used as a potential catalyst for treatment of LEV. On the
other side, if the pure g-C3N4 is modified by doping metal oxides (ex. CaTiO3/g-C3N4),
co-doping metals, and adding a strong oxidizer (ex. Co/Fe-CN-PMS), its catalytic activity
will be improved.

2.4. Reusability of the Photocatalyst

The reusability of the g-C3N4 photocatalyst was evaluated over four consecutive cycles.
It can be seen from Figure 8 that a lower degradation rate was obtained after recycling.
Within 60 min of irradiation, the photocatalytic performance was reduced from 80.1% to
49.0% after three reuses. This can be explained by a slow recovery of the active sites on
the catalyst. It may require a longer time for the g-C3N4 photocatalyst to reach its overall
original efficiency.
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Figure 8. Recycle experiments of the LEV degradation using g-C3N4 photocatalyst.

2.5. Radical Trapping

Oxidizing agents such as •O2
–, •OH, hVB

+ formed during photocatalysis are consid-
ered to play important roles in levofloxacin degradation. To elucidate the photodegradation
mechanism, the effects of various reactive oxidative species (ROS) on the decomposition
of levofloxacin over g-C3N4 were investigated. In this photocatalytic study, isopropyl
alcohol (IPA), benzoquinone (BQ), and ammonium oxalate (AO), were employed to capture
hydroxyl radicals (•OH), superoxide (•O2

–,) and holes (h+) as reactive species in photo-
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catalytic process, respectively. The photocatalytic decomposition of levofloxacin in the
presence of the radical trapping agents is shown in Figure 9.
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Figure 9. Reactive species trapping experiments: (a) effect of quenching agent IPA and AO (observed
by UV-Vis spectrophotometry); (b) effect of quenching agent BQ (obtained by photoluminescence
measurements); (c) degradation efficiency.

Various changes in photocatalytic efficiency were observed for the different scavengers.
As shown in Figure 9a, in the presence of IPA, the degradation rate moderately decreased
compared to the case with no scavenger. The degradation efficiency was reduced from
80.1% to 69.9% (Figure 9c). This observation suggests that •OH radicals only slightly
contribute to the photodegradation of levofloxacin. It is not surprising on the basis of
the determined edge potential of the valence band of the prepared g-C3N4. Moreover, it
is in accordance with the results obtained for modified photocatalysts with much higher
EVB values [15,16]. The presence of AO resulted in a more appreciable decrease in the
degradation rate (Figure 9a) and the efficiency dropped by almost a quarter of the original
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performance (to H = 46.0%, Figure 9c). This result indicates that the role of valence-band
holes is important in the degradation process. This observation confirms that the adsorption
of LEV is indispensable for its interaction with hVB

+. The most significant inhibition effect
was observed in the presence of BQ. As shown in Figure 9b, the decrease in the degradation
rate was more remarkable, leading to a stronger reduction in the photocatalytic efficiency
(to H = 33.4%, Figure 9c). This result unambiguously suggests that •O2

– plays the most
important role in the photocatalytic degradation of LEV. The participation of valence-band
holes in the degradation process is less significant but still considerably, while hydroxyl
radicals play a minor role in this mechanism.

2.6. Proposed Removal Mechanisms of Levofloxacin by the g-C3N4 Photocatalyst

Possible photocatalytic mechanisms for the degradation of LEV have been proposed
based on the above quenching experiments and literature reports [17,48–50]. As illustrated
in Equations (4)–(11), under sunlight irradiation, g-C3N4 was excited to form electron-
hole pairs by absorbing light. The potential of the conduction band edge of g-C3N4
(ECB = −1.07 V vs. NHE) is more negative than the standard reduction potential of O2/•O2

–

pair (−0.16 V vs. NHE, pH 7) [39], indicating that the accumulated electrons can reduce
O2 to •O2

– [51]. The results of the radical trapping experiment showed that •OH played
a negligible role in the photocatalytic process, suggesting that degradation of LEV in the
valence band is mainly due to the direct reaction with h+ rather than •OH. Furthermore,
1O2 can be generated by the reaction of •O2

− and h+, Equations (10)–(12) [18,52]. Finally,
ROS (•O2

−, h+, 1O2, •OH) reacted with LEV molecules on the g-C3N4 surface, resulting
in the decomposition and eventual complete mineralization of LEV, Equation (15). The
photocatalytic mechanism of LEV decomposition by g-C3N4 catalyst was proposed and is
shown in Figure 10.

g-C3N4 + hυ → g-C3N4 (e− + hVB
+) (4)

O2 + e− → •O2
– (5)

O2 + H+ + e− → •HO2 (6)
•HO2 + •HO2 → H2O2 (7)

•O2
– + 2H+ + e− → H2O2 (8)

•HO2 + H+ + e− → H2O2 (9)

H2O2 + hυ → 2•OH (10)

H2O2 + H+ + e− → •OH + 2H2O (11)

hVB
+ + •O2

– → 1O2 (12)

hVB
+ + H2O → •OH + H+ (13)

hVB
+ + OH– → •OH (14)

•O2
–/•HO2/•OH/1O2 + LEV → degradation products (15)

LC-MS/MS was used to identify LEV degradation products to further analyze the
degradation path of LEV by g-C3N4 photocatalyst. Mass spectra of levofloxacin in the pho-
todegradation experiments (i) light-off for 30 min, (ii) light-on for 40 min, and (iii) light-on
for 120 min were recorded. With the levofloxacin solution in the dark, molecular ion
peaks [M+H]+ (m/z = 362) were initially produced (Figure S2a). During the degradation
process, intermediates were formed (Figure S2b). Molecular ion peaks undergo N-methyl
piperazine ring breaking reaction to form P1 (m/z = 265) and an intermediate at m/z = 99.
P2 (m/z = 218) and P3 (m/z = 217) intermediates appeared as products of decarboxylation
and quinolone ring opening reactions. Meanwhile, the loss of −C3OH2 and hydroxylation
occurs on P3, producing P4 (m/z = 170). P4 was further defluorinated and demethylated to
form P5 (m/z = 122). Subsequently, intermediate P5 product might continue to be broken
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into small molecules as well as mineralization product (main peaks at m/z < 50 region as
seen from Figure S2c).

Figure 10. Photocatalytic mechanism of levofloxacin by g-C3N4 photocatalyst.

The intermediate and degradation paths are proposed as shown in Scheme 1. The
degradation of LEV is mainly by piperazine ring breaking and opening, quinolone ring
opening, defluorination, demethylation, decarboxylation/carboxylation, and hydroxyla-
tion processes as detailed above [40].

Scheme 1. The proposed degradation pathway of LEV.

3. Materials and Methods

3.1. Reagents

Thiourea (99%) and ethanol (99%) were obtained from Merck, Darmstadt, Germany.
p-benzoquinone (99.0%, Xiya Reagent (Xiya Chemicals Co., Ltd., Shandong, China)), am-
moniumoxalate monohydrate (99.5%), and isopropyl alcohol (99.7%) were purchased
from Xilong, Shantou, China. Sodium hydroxide (NaOH, 99.8%) and hydrochloric acid
(HCl, 36–38%) were obtained from Sigma-Aldrich (Burlington, MA, USA). Levofloxacin
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(C18H20FN3O4, LEV, 97.0%) was purchased from Vietnam National Institute of Drug Qual-
ity Control. All chemicals have been used without purification.

3.2. Preparation of g-C3N4

g-C3N4 was prepared by thermal polymerization of thiourea, an abundant nitrogen-
rich precursor [1–3]. Typically, 3 g of thiourea was put into a porcelain crucible with a cover,
then calcinated at 550 ◦C for 4 h at a heating rate of 2 ◦C min−1 under air atmosphere. After
calcination, the samples were washed with deionized water and ethanol several times and
dried at 60 ◦C. g-C3N4 was obtained, ground, and collected for further experiments. Since
thiourea contains sulfur, the elemental composition of the product was checked by EDS
measurements. The results showed that the whole sulfur content of the precursor had been
removed during the preparation process (Figure S3).

3.3. Sample Characterization

The samples prepared were characterized by X-ray diffraction (XRD, Malvern PANa-
lytical, Aeris, Almelo, The Netherlands) and scanning electron microscopy (SEM, NanoSEM
450 FEI, Eindhoven, The Netherlands) combined with a TEAM Apollo XL energy dispersive
spectroscopy (EDS, EDAX, Cambridge, UK). UV-Vis spectra were recorded by an Agilent
8453 spectrophotometer (Santa Clara, CA, USA), while diffuse reflectance spectra were
measured on a Carry 5000 UV-Vis-NIR equipment (Santa Clara, CA, USA). Luminescence
was measured by a F-4700 spectrofluorometer (Hitachi, Tokyo, Japan). The reaction interme-
diates were analyzed by SCIEX Exion LC 20AD LC-MS/MS system (SCIEX, Framingham,
MA, USA): column Agilent Eclipse Plus C18 (2.1 × 50 mm, ID 3.5 μm) and detector AB
SCIEX Triple Quad 6500+.

3.4. Point-Zero Charge and Surface Charge Determination

It has been reported that the pH-drift method can be used to determine the pH of zero
charge and surface charge [4,5]. In this study, it was measured on the basis of the work
by Mahmood et. al. [53]. 100 mL LEV solution (10 mg/L) was adjusted to pH (2, 4, 6, 8,
10, 12) in test tubes at room temperature using NaOH and HCl (0.1 M) and the initial pH
was recorded. Then 50 mg of g-C3N4 photocatalyst was added and stirred for 24 h under
dark conditions. The suspension was removed from the tube, the pH was measured, and
the final pH was recorded.

3.5. Photocatalytic Degradation Experiments

The catalytic performance of g-C3N4 was evaluated by the degradation of LEV under
the irradiation of a 500-W Hg-lamp, as a simulated solar source. The emission spectrum
of the light source is shown in Figure S4. The intensity of radiation was 26 lm W−1. The
experimental procedure was as follows: 50 mg of g-C3N4 was dispersed in a 100 mL
LEV (10 mg L−1) solution, and subsequently, the suspension was sonicated for about
3 min. Prior to the irradiation, the mixture was kept for 30 min in the dark with stirring
at room temperature to obtain an adsorption-desorption equilibrium. At each given time
interval (10 min), 3 mL of the solution was collected and filtered with a filter (0.22 μm
PTFE membrane) to remove the catalyst. The concentration of LEV was examined by
UV-Vis spectrophotometry in the wavelength range from 200 to 400 nm. The photocatalytic
degradation efficiency was calculated according to the following equation (Equation (16)).

H =
C0 − Ct

C0
=

A0 − At

A0
(16)

where, Ct and At—concentration and absorbance of the solution at time t; C0 and
A0— adsorption/desorption equilibrium concentration and absorbance of the solution at
time t0.
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A simplified pseudo-first-order kinetic model of Langmuir–Hinshewood (Equation (17))
was used to explore the kinetic of the photocatalysis process.

ln
C0

Ct
= kappt = kKt (17)

where C—concentration of the antibiotic (mg L−1), t—time for degradation (min), kapp—apparent
rate constant (min−1), k—reaction rate constant (min−1), and K—adsorption coefficient of
the antibiotic over catalyst particles.

3.6. Radical Trapping Experiments

Isopropyl alcohol (IPA, 5.0 × 10−3 M), benzoquinone (BQ, 2.5 × 10−4 M) and ammo-
nium oxalate (5.0 × 10−3 M) were used as scavengers for trapping the photogenerated
•OH, •O2

–, and holes radicals during the degradation of LEV.

3.7. Intermediates Identification

The intermediates generated during the photocatalytic degradation of levofloxacin
solution were further investigated by LC-MS/MS measurement. The mass spectra of
the photodegradation products are shown in Figure S2. They were used to propose the
photodegradation route of levofloxacin.

3.8. Recycling Experiments

To investigate the reusability of the g-C3N4, consecutive experiments for degradation
of LEV were carried out in four cycles. After each cycle, the catalyst was recovered by
filtration and washed several times with distilled water and ethanol then dried at 60 ◦C
for 10 h.

4. Conclusions

The g-C3N4 photocatalyst was successfully synthesized from thiourea precursor at a
calcination temperature of 550 ◦C. The prepared catalyst was characterized by XRD and
SEM. The experimental parameters, including the initial pH solution, catalyst dose, and
initial LEV concentration, greatly influence the photodegradation of LEV antibiotics. The
disappearance of LEV followed the Langmuir-Hinshelwood (L-H) kinetic model. Radical
scavenger experiments confirmed that •O2

– and h+ played significant roles during the
photocatalytic degradation of LEV. Optimized reaction conditions lead to the conclusion
that a g-C3N4 and a use of 0.5 g/L photocatalyst concentration and 10 mg L−1 LEV solution
at pH 5 eliminate 80.1% LEV within a 60-min irradiation with solar-simulated light. Based
on the identification of intermediates using LC-MS/MS, the photocatalytic degradation
pathways of LEV were proposed. The present catalyst exhibits good stability even after
four cycles. The EF factor indicates that g-C3N4 can be used as a potential photocatalyst for
antibiotic degradation.

Supplementary Materials: The following supporting information can be downloaded at: https://www.
mdpi.com/article/10.3390/catal14110837/s1, Figure S1. (a) DR/UV-Vis spectra; (b) energy bandgap
determination by the Tauc plots. Figure S2. Mass spectra of levofloxacin in the photodegradation
experimental: (a) light-off for 30 minutes, (b) light-on for 40 minutess and (c) light-on for 120 minutes.
Figure S3. EDS measurement of the prepared g-C3N4. Figure S4. Profile of the 500-W Hg-lamp
(Philips Lighting product data).
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