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Editorial

Environmental Transport and Transformation of Pollutants

Xiaoxia Lu

Ministry of Education Laboratory for Earth Surface Processes, College of Urban and Environmental Sciences,
Peking University, Beijing 100871, China; luxx@urban.pku.edu.cn

1. Introduction

In recent years, study on pollutant environmental transport and transformation has
witnessed remarkable progress driven by interdisciplinary integration and technological
innovation. Research focus has expanded from conventional pollutants to emerging con-
taminants [1]. High-resolution mass spectrometry and genomic technologies have enabled
the accurate identification and quantification of trace emerging pollutants and microbes,
facilitating the shift from “detection” to “mechanism exploration” [2,3]. The recognition
of multi-media transport processes has deepened, with studies revealing the complex ex-
change of pollutants among the atmosphere, water, soil, and biota [4]. Numerical modeling
techniques have advanced significantly, including the development of coupled reactive
transport models for complex pollution systems and the integration of machine learning to
improve prediction accuracy [5,6].

Despite these advances, critical knowledge gaps remain. For instance, the synergistic
transport and transformation mechanisms of coexisting pollutants are not fully understood,
particularly the coupling effects of chemical, physical, and biological processes in complex
environmental matrices. The environmental behaviors of emerging pollutants are not
well characterized, including their transformation pathways across different media and
the ecological risks of transformation products. Existing numerical models often lack
integration of multi-scale processes and real-time data assimilation, leading to uncertainties
in risk assessment.

2. An Overview of Published Articles

This Special Issue comprises 12 studies (11 research articles and 1 review) covering core
themes of pollutant adsorption, microbial degradation, nanoparticle fate, multi-phase par-
titioning, risk assessment, and toxicity. These works target and fill several key knowledge
gaps identified in the field, as summarized below.

Zhang et al. (2024) (contribution 1) investigated pyrene (a PAH) and arsenite (As(II))
adsorption by micro/nano carbon black (C 94.03%, spherical, 100-200 nm) and iron ox-
ide (hematite, irregular rod-shaped, ~1 um long). The key findings were as follows:
(1) carbon black preferentially adsorbed pyrene (24 h adsorption capacity: 283.23 ug/g;
pseudo-second-order rate constant: 0.016 mg/(g-h)), while iron oxide adsorbed As(III)
(24 h adsorption capacity: 3.45 mg/g; rate constant: 0.814 mg/(g-h)), with chemical reac-
tions as the main mechanism; and (2) As(III) reduced pyrene adsorption on carbon black
(effect strengthened with increasing As(IlI) concentration), while pyrene enhanced As(III)
adsorption on iron oxide. This fills the gap in co-pollutant interaction during adsorption,
guiding combined PAH-As remediation.

Liu et al. (2024) (contribution 2) explored benzene and toluene biodegradation under
sulfate-reducing conditions using groundwater samples from contaminated sites. By the
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end of the study (day 90), about 99% benzene and 96% toluene were removed. During the
study, bacterial community richness initially decreased but subsequently increased over
time. Key degraders of benzene and toluene were identified as Pseudomonas, Janthinobac-
terium, Novosphingobium, Staphylococcus, and Bradyrhizobium. This fills the gap in microbial
community dynamics during sulfate-driven BTEX biodegradation, providing a basis for
biostimulation strategies.

Khan et al. (2024) (contribution 3) analyzed ZnO-NP aggregation in simulated water
with perfluorooctanoic acid (PFOA), humic acid (HA), and electrolytes (NaCl, CaCl,) over
3 weeks. ZnO-NP size increased from 162.4 nm (1 day) to >10 um (3 weeks) and Zeta
potential decreased from —47.2 mV (1 day) to —0.2 mV (3 weeks). HA and PFOA dispersed
ZnO-NPs via aliphatic carbon interactions and complex structures, while electrolytes
altered surface charge. This clarifies how multiple coexisting substances regulate ZnO-NP
aggregation, addressing the gap in nanoparticle fate prediction.

Khan et al. (2025) (contribution 6) explored how the presence of coexisting organic
pollutants (like tetrabromobisphenol-A (TBBPA)), electrolytes (NaCl and CaCl,), humic acid
(HA), and bovine serum albumin (BSA) in water affected the behavior of ZnO-NPs. They
found that TBBPA and salts promoted aggregation via cation bridging and hydrophobic
interactions, while HA /BSA enhanced dispersion by modifying zeta potential. This further
expands understanding of ZnO-NP behavior in complex systems.

Yang et al. (2024) (contribution 4) studied estrogen (estrone E1, 173-estradiol E2, estriol
E3) partitioning in Taiwan’s Wulo Creek (impacted by feedlot wastewater), separating samples
into suspended particulate matter (SPM), colloidal, and soluble phases. The results showed
that estrogens dominated in the soluble phase (85.8-87.3%), followed by colloids (12.7-14.2%);
Log Kcoc (4.72-4.77 L/kg-C) was much higher than Log Koc/Log Kpoc (2.02-3.40 L/kg-C),
indicating that colloids play a critical role in estrogen transport. This addresses the gap of
ignoring colloidal phases, improving ecological risk assessment accuracy.

Hou et al. (2024) (contribution 5) synthesized a covalent organic-framework-modified
biochar (RH-COF) for cadmium (Cd?") adsorption. The modified material showed a
14-fold increase in Cd?* capacity (from 4.20 to 58.62 mg/g) due to elevated nitrogen
(from 0.96% to 5.40%) and oxygen (from 15.50% to 24.08%) content. Adsorption followed
pseudo-second-order kinetics and Langmuir isotherms, with mechanisms including surface
complexation, chelation, and electrostatic adsorption. This addresses the gap in low-
efficiency Cd remediation by developing a high-performance adsorbent.

Kawichai et al. (2025) (contribution 7) developed a machine learning (ML) model to
predict long-term PM, 5 concentrations in upper northern Thailand (impacted by biomass
burning). The best ML prediction model was selected considering root mean square error
(RMSE), mean prediction error (MPE), relative prediction error (RPE), and coefficient of
determination (R?). Using 2011-2020 data (PMjy, CO,, O3, fire hotspots, air pressure,
rainfall, relative humidity, temperature, wind direction, and wind speed), the random
forest (RF) model outperformed others (RMSE: 6.82 ug/ m3, R2: 0.93). This fills the gap in
long-term PMj 5 retrospective data, supporting health effect studies.

Cai et al. (2025) (contribution 9) measured 10 organophosphate esters (OPEs) in
46 homes, 12 offices, 6 dormitories, and 60 private cars in Guangzhou. Among the four mi-
croenvironments, private vehicles exhibited the highest total OPE concentrations (XOPEs),
with an average of 264.89 ng/m3—statistically significantly higher than the other three
environments (p < 0.05). In homes, offices, and student dormitories, tris(2-chloroethyl)
phosphate (TCEP) and tris(2-chloropropyl) phosphate (TCPP) dominated the OPE mix-
ture, accounting for 56% and 34% of XOPEs, respectively. By contrast, private cars were
characterized by elevated levels of TCPP (68% of XOPEs) and tris(1,3-dichloro-2-propyl)
phosphate (TDCP, 12%). This addresses the gap in OPE data for car microenvironments.
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Shi et al. (2025) (contribution 10) investigated the adsorption, diffusion, and advection—
dispersion behavior of *Tc in the following three types of rocks: granite, clay rock, and
mudstone shale. They found that the three types of rocks had no significant adsorption
effect on Tc. The anion exclusion during diffusion and advection-dispersion processes
could block small “channels”, causing some nuclide migration to lag, but accelerated
the nuclide migration rate in larger “channels”. In addition, parameters characterizing
the size of anion exclusion in different migration behaviors, such as effective diffusion
coefficient (De) and immobile liquid region porosity (6im), were fitted and obtained,
guiding radioactive waste disposal.

Berrios-Rolon et al. (2025) (contribution 11) studied three low-molecular-weight
polycyclic aromatic hydrocarbons (PAHs), naphthalene (NAP), phenanthrene (PHEN), and
anthracene (ANT), in Puerto Rico’s Cucharillas Marsh. ) 3PAH concentrations ranged from
7.4 to 2198.8 ng/L, with higher wet-season levels (mean = 745.79 ng/L) than dry-season
levels (mean = 186.71 ng/L). A predominant pyrogenic origin was identified, with robust
PHEN-ANT correlation (r = 0.824) confirming shared combustion-related sources. Acute
ecological risk was low (HQ < 0.01), but chronic risks from PHEN/ANT were noted. This
fills the gap in PAH data for tropical urban wetlands.

Berrios-Rolon et al. (2025) (contribution 8) provided a systematic review offering
new perspectives on the distribution, sources, and ecotoxicological impacts of PAHs in
freshwater systems. They investigated spatiotemporal variability across geographic regions,
examining both anthropogenic and natural sources, as well as the mechanisms driving
PAH transport and fate. Special attention was given to the ecotoxicological effects of
PAHs on freshwater organisms, including bioaccumulation, endocrine disruption, and
genotoxicity. They identified knowledge gaps and proposed an interdisciplinary risk
assessment framework, serving as a roadmap for future freshwater PAH research.

Xu et al. (2025) (contribution 12) assessed the cytotoxic effects of three typical organic
iodides (1,2-diiodoethane, 1,3-diiodopropane, and 1,4-diiodobutane) identified in shale
gas extraction wastewater on human hepatocellular carcinoma (HepG2) cells. All three
diiodoalkanes exhibited significant toxic effects on HepG2 cells at a concentration of
25 uM. They induced abnormal expression of genes associated with the extracellular space,
extracellular matrix (ECM), and endoplasmic reticulum (ER) in HepG2 cells, and triggered
excessive intracellular ROS production. This fills the gap in diiodoalkane toxic mechanisms.

3. Conclusions

This Special Issue showcases the diversity and depth of current research on pollutant
environmental transport and transformation, addressing critical knowledge gaps through
empirical and theoretical contributions. The studies not only advance scientific understand-
ing but also provide practical tools for pollution remediation and risk management. As
the field evolves, interdisciplinary collaboration and technology-driven innovation will
remain key to tackling emerging environmental challenges and safeguarding ecological
and human health.

Funding: This research received no external funding.
Data Availability Statement: Not applicable.

Conflicts of Interest: The author declares no conflicts of interest.
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Abstract: Polycyclic aromatic hydrocarbons (PAHs) and arsenic (As) are common pollutants co-
existing in the environment, causing potential hazards to the ecosystem and human health. How
their behaviors are affected by micro/nano particles in the environment are still not very clear.
Through a series of static adsorption experiments, this study investigated the adsorption of pyrene
and arsenite (As (III)) using micro/nano carbon black and iron oxide under different conditions.
The objectives were to determine the kinetics and isotherms of the adsorption of pyrene and As (III)
using micro/nano carbon black and iron oxide and evaluate the impact of co-existing conditions on
the adsorption. The microstructure of micro/nano carbon black (C 94.03%) is spherical-like, with a
diameter of 100-200 nm. The micro/nano iron oxide (hematite) has irregular rod-shaped structures,
mostly about 1 um long and 100-200 nm wide. The results show that the micro/nano black carbon
easily adsorbed the pyrene, with a pseudo-second-order rate constant of 0.016 mg/(g-h) and an
adsorption capacity of 283.23 ug/g at 24 h. The micro/nano iron oxide easily adsorbed As (III), with
a pseudo-second-order rate constant of 0.814 mg/(g-h) and an adsorption capacity of 3.45 mg/g
at 24 h. The mechanisms of adsorption were mainly chemical reactions. Micro/nano carbon black
hardly adsorbed As (III), but its adsorption capability for pyrene was reduced by the presence of
As (IIT), and this effect increased with an increase in the As (III) concentration. The adsorbed pyrene
on the micro/nano black carbon could hardly be desorbed. On the other hand, the micro/nano iron
oxide could hardly adsorb the pyrene, but its adsorption capability for As (III) was increased by the
presence of pyrene, and this effect increased with an increase in the pyrene concentration. The results
of this study provide guidance for the risk management and remediation of the environment when
there is combined pollution of PAHs and As.

Keywords: micro/nano carbon black; micro/nano iron oxide; pyrene; As (III); adsorption; desorption

1. Introduction

Polycyclic aromatic hydrocarbons (PAHs) and arsenic (As) are common pollutants
co-existing in the environment [1,2]. PAHs are mainly produced by human activities such as
the incomplete combustion of coal, petroleum, and biomass [1] or by natural activities such
as volcanic eruptions and forest fires [3]. Due to their high mutagenicity and carcinogenicity,
16 PAHs have been listed as priority pollutants by the European Union (EU) and the United
States Environmental Protection Agency (US EPA) [4]. As is widely present in the natural
environment, mainly in the form of arsenic sulfide; however, it also has a wide range
of uses in human life, e.g., in industries for alloys, pesticides, pharmaceuticals, and anti-
corrosion materials [5], and it can enter environmental media via waste discharge or other
approaches [6]. As generally exists in two valence states in soil and water environments:
III (+3) and V (+5). As (III) is more harmful than As (V) due to its higher solubility and
bioavailability [6]. The long-term intake of food or water with a high As content could
cause damage to the human liver, heart, and nervous vessels [7].

Toxics 2024, 12, 251. https:/ /doi.org/10.3390/toxics12040251 5 https:/ /www.mdpi.com/journal/toxics
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Black carbon and iron oxide are common substances in soil and water environ-
ments. Black carbon describes a range of carbonaceous substances, from partly charred
plant residues to highly graphitized soot, that are generated as products of incomplete
combustion [8]; they have variable chemical compositions depending on their sources,
sometimes being primarily elemental carbon and sometimes existing as complex mixtures
of elemental carbon, organic carbon, and other non-carbon species [9]. Iron oxide is one of
the most abundant minerals on Earth’s surface, and it is primarily located in the shallow
crust. It is an iron oxide with a chemical composition of Fe,O3. Micro/nano black carbon
and iron oxide are likely present in soil and water environments due to various physical,
chemical, and biological processes.

Adsorption is a major process that affects the migration and toxicity of pollutants in the
environment. Compared to the corresponding larger particles, micro/nano particles gener-
ally have higher adsorption capabilities due to their larger specific surface areas [10,11].
Previous studies have shown that PAHs are easily adsorbed by carbonaceous substances,
while As is easily adsorbed by metal oxides [12-15]. However, how the co-existence of
PAHSs and As influences their adsorptions is not clear yet. This knowledge gap should be
given attention since PAHs and As often co-exist in the environment.

This study explored the adsorption of pyrene and arsenite (As (III)) using micro/nano
carbon black and iron oxide under individual and co-existing conditions through laboratory
experiments. The objectives were to determine the kinetics and isotherms of the adsorption
of pyrene and As (III) using micro/nano carbon black and iron oxide and evaluate the
impact of co-existing conditions on the adsorption. In this study, micro/nano carbon black
was used as a surrogate for micro/nano black carbon, which is primarily an elemental
carbon. Pyrene and As (III) were used as representatives for PAHs and As, respectively.
This is the first time that the impact of the co-existence of PAHs and As on their adsorptions
using micro/nano carbon black and iron oxide has been clarified. The results of this study
provide a scientific basis for the risk management and remediation of the environment
when there is combined pollution of PAHs and As.

2. Materials and Methods
2.1. Materials

Micro/nano iron oxide (Fe,Os, purity 99.9%) and sodium arsenite (NaAsOj,
purity 99%) were purchased from Innochem Science & Technology Co., Ltd. (Beijing,
China). Micro/nano carbon black (industrial grade purity) was purchased from Hewns
Biochemical Technology Co., Ltd. (Tianjin, China). Pyrene (95% purity) was purchased
from Sun Chemical Technology Co, Ltd. (Shanghai, China). Pyrene standard solution
(0.2 mg/mL in Dichloromethane) and isotopic-labeled internal standard solutions (Phe-d10
0.2 mg/mL in Dichloromethane and Pyr-d10 1000 pug/mL in Dichloromethane) were pur-
chased from AccuStandard, Inc. (New Haven, CT, USA). Arsenious acid standard solution
(18.2 pg/mL) and Arsenic acid standard solution (35.8 pug/mL) were purchased from the
National Institute of Metrology (Beijing, China). n-Hexane (HPLC grade) was purchased
from Thermo Fisher Scientific Inc. (Waltham, MA, USA).

2.2. Characterization of Micro/Nano Particles

Scanning electron microscopy (SEM) was employed to measure the morphology of
the studied micro/nano carbon black and iron oxide particles according to the Chinese
Standard JY/T 010-1996 [16]. X-ray diffraction (XRD) and Fourier transform infrared
spectroscopy (FTIR) were used to study the composition and functional group of iron oxide
according to the Chinese Standard SY /T 5163-2018 and GB/T 32199-2015 [17,18]. X-ray
photoelectron spectroscopy (XPS) was applied to study the composition of carbon black
according to the Chinese Standard JY/T 013-1996 [19].
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2.3. Adsorption and Desorption Experiments
2.3.1. Pre-Experiment

Pre-experiment of adsorption was performed to determine the optimal ratio of the
studied micro/nano particles on pollutants (Table S1). A series of dosages of micro/nano
carbon black or iron oxide (0, 5, 10, 25, 50, 100, 500, and 1000 mg) were added to 40 mL
glass centrifuge tubes, and then 40 mL of ultrapure water containing 80 ug/L pyrene or
10 mg/L As (III) was added to each tube and shaken in a temperature-controlled shaker
(HZQ-2, Jinyi, Changzhou, China) at 200 r/min under 25 °C for 24 h. Thereafter, the tubes
were centrifugated in a centrifuge (LD5-10, Jingli, Beijing, China) at 3000 r/min under room
temperature for 15 min. The supernatant was taken to measure the concentration of pyrene
or As (III). The adsorption capabilities under different dosages were calculated. It turned
out that the optimal dosages for micro/nano carbon black and iron oxide were 5 mg and
10 mg, respectively. These dosages were used for further studies.

2.3.2. Adsorption Kinetics

Based on the pre-experiment, micro/nano carbon black easily adsorbed pyrene but
hardly adsorb As (III), while micro/nano iron oxide easily adsorbed As (III) but hardly
adsorbed pyrene. Therefore, kinetics were performed for the adsorption of pyrene using
micro/nano carbon black and the adsorption of As (III) using micro/nano iron oxide. Multiple
adsorption tubes were prepared by adding 5 mg micro/nano carbon black and 40 mL pyrene
solution (80 png/L) or 10 mg micro/nano iron oxide and 40 mL As (III) solution (10 mg/L).
These tubes were shaken at 200 r/min under 25 °C for different times (1/12,1/6,1/4,1/2,1,
2,4,6,12,and 24 h). At each time point, three tubes were taken for the analysis of pyrene or
As (III) in the supernatant (after centrifuging at 1850 g for 15 min). At 24 h after adsorption,
iron oxide was collected for FTIR analysis. In addition, tubes containing 40 mL pyrene solution
(80 ng/L) or As (III) (10 mg/L) but no micro/nano carbon black or iron oxide were prepared
as controls for losses due to volatilization or other processes.

2.3.3. Adsorption/Desorption Isotherms

For experiments of adsorption isotherms, seven combinations were set up, as shown
in Table 1. The concentration of pyrene ranged from 1 to 80 pg/L (1, 2, 5, 10, 20, 40, 60,
and 80 pg/L), and the concentration of As (III) ranged from 0.01 to 1 mg/L (0.01, 0.02, 0.05,
0.1,0.2, 04, 0.6, 0.8, and 1 mg/L). All the adsorption tubes were shaken for 24 h (25 °C,
200 r/min), centrifuged for 15 min (1850 x g), and analyzed for the target pollutant in the
supernatant. The experiments were performed in triplicate.

Table 1. Setup of the experiments of adsorption isotherms.

Svstem Label Micro/Nano Micro/Nano Pyrene ? As (II1) P
y Iron Oxide (mg)  Carbon Black (mg) (ug/L) (mg/L)
10-As 10 0 0 0.01-1
10-As-Pyr-1 10 0 80 0.01-1
10-As-Pyr-2 10 0 1-80 0.01-1
CB-Pyr 0 5 1-80 0
CB-Pyr-As-1 0 5 1-80 1
CB-Pyr-As-2 0 5 1-80 0.01-1
CB-IO-Pyr-As 10 5 1-80 0.01-1

2 1-80 refers to initial concentration of pyrene at 1, 2, 5, 10, 20, 40, 60, 80 ug/L; b (0.01-1 refers to initial concentration
of As (III) at 0.01, 0.02, 0.05, 0.1, 0.2, 0.4, 0.6, 0.8, 1 mg/L.

Experiments of desorption isotherms were performed after the adsorption isotherms
experiments were finished. Briefly, the supernatants in the tubes after centrifugation were
removed, and equal volumes of ultrapure water were added into the tubes. After being
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shaken for 24 h (25 °C, 200 r/min), the tubes were centrifuged for 15 min (1850 x g), and
the supernatants were analyzed for the target pollutants.

2.4. Chemical Analysis
2.4.1. Analysis of Pyrene

For each tube, 10 mL of the collected supernatant was extracted three times with
30 mL of n-hexane (10 mL each time); the collected organic liquid was concentrated at
1 mL via rotary evaporation (N-1100, EYELA, Tokyo, Japan), and the 1 mL liquid was
transferred to a 1.5 mL vial for analysis. Phe-d8 and pyr-d10 were used as recovery
indicator and internal standard, respectively. A Gas Chromatography Mass Spectrometry
with an electron ionization source (6890/5973N, Agilent, Poway, CA, USA) and a DB-5ms
capillary column (30 m x 250 um x 0.25 pm) (Agilent, Santa Clara, CA, USA) were used
for the measurement. Helium gas with a flow rate of 2 mL/min was used as the carrier
gas, and the inlet temperature was 280 °C. The column temperature program was set as
follows: maintained at 50 °C for 1 min, raised the temperature to 200 °C at 15 °C/min,
raised the temperature to 305 °C at 20 °C/min, and maintained at 305 °C for 3 min. The
ion source temperature was 245 °C, and the fourth stage rod temperature was 150 °C.
The concentration of pyrene standards ranged from 1 ng/L to 100 pg/L. The instrument
detection limit of pyrene was 0.70 pug/L. A standard solution of pyrene (100 ug/L) was
measured every 20 samples to control the deviation of instrument performance, and the
obtained deviation was within 20%.

2.4.2. Analysis of As

For each tube, 1 mL of the collected supernatant passed through a 0.22 pm filter mem-
brane, was diluted with ultrapure water to 10 mL, and then was analyzed using a Liquid
Chromatography Atomic Fluorescence Spectrometer (LC-AFS, LC-AFS6500, Haiguang, Beijing,
China) with an anion exchange column (Hamilton PRP-X100, 250 mm x 4.1 mm x 10 um)
and hollow cathode lamps. Phosphate buffer was used as the mobile phase for the liquid
chromatography (LC) system, with a flow rate of 1 mL/min. A 10% HCl solution and 3.5%
KBHy4 solution were respectively used as the carrier and reducing agent for the atomic
fluorescence spectroscopy (AFS) system, and the main current and auxiliary current were
300 mA and 150 mA, respectively. At a flow rate of 300 mL/min and shield flow rate of
900 mL/min, and under negative high pressure of 300 V, the ionic arsenic was reduced to
atomic arsenic, with different species of As being separated. The concentrations of As (III)
and As (V) standards both ranged from 1 pg/L to 200 pug/L. The detection limits for As (III)
and As (V) were 0.545 nug/L and 0.837 ug/L, respectively. A standard solution of As (III)
and As (V) (100 pg/L for each species) was measured every 20 samples to control the
deviation of instrument performance, and the obtained deviations were within 10%.

2.5. Data Analysis
The adsorption processes of pyrene and As (III) using micro/nano carbon black and iron
oxide were simulated by quasi-first-order and quasi-second-order kinetic models, as shown in
Equations (1) and (2).
In(g. — q¢) = Inge — kqt 1)

t_1 1,
g kg ge
where t is the adsorption time (h), g and g; are the equilibrium adsorption capacity and adsorp-
tion capacity at time t (ug/g or mg/g), and ky and k; are the adsorption rates of pseudo-first-
order kinetics (h~1) and pseudo-second-order kinetics (mg(g-h) ! or ug(g-h)_l), respectively.
Three adsorption/desorption isotherm models were used to describe the equilibrium
process of pollutants between solid and liquid phases, as shown in Equations (3)—(5).

@
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where g, and g,y are the equilibrium adsorption capacity and maximum adsorption
capacity (ug/g or mg/g), Ce is the equilibrium concentration in the liquid (ng/L), Ky is
adsorption coefficient for the Henry model (L/g), K|, is a constant for the Langmuir model
(L/mg), Kr (L/mg) and n (g/L) are constants for the Freundlich model.

The model fitting and data visualization were performed using Origin2022. Data be-
tween treatments and controls were compared by t-test using SPSS 26.0, with a significance
level set at 0.05. Other statistical analyses of the data were conducted using EXCEL 2016.

3. Results
3.1. Characterizations of Micro/Nano Carbon Black and Iron Oxide

The characterizations of micro/nano carbon black are shown in Figure 1. The SEM
image shows that the microstructure of micro/nano carbon black is spherical-like, with
irregular protrusions on the surface and relatively uniform sizes, with a diameter of
100-200 nm. The XPS spectrum shows that there are high-intensity peaks in the binding
energies of the Cls and Ols orbitals on the binding energy spectrum of the sample, while
there are low-intensity peaks in the binding energies of the S2p and N1s orbitals. According
to the quantitative results, the proportion of each element’s content (in atomic number,
except for H) in the carbon black is C (94.03%), O (4.49%), N (1.11%), and S (0.37%).
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Figure 1. Characterization diagram of micro/nano carbon black. (a) SEM; (b) XPS.

The characterizations of micro/nano iron oxide are shown in Figure 2. The SEM
image shows that the micro/nano iron oxide has an irregular rod-shaped structure with
significant size differences. Most individual rods are about 1 um long and 100-200 nm
wide. The XRD pattern shows that there are six typical diffraction peaks that appeared in
the 20 diffraction angle of iron oxide, which are consistent with the diffraction peaks of
hematite in the standard database, indicating that the iron oxide is hematite.
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Figure 2. Characterization diagram of micro/nano iron oxide. (a) SEM; (b) XRD.
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3.2. Adsorption Kinetics of Pyrene and As (11I) by Micro/Nano Carbon Black and Iron Oxide

The pre-experiments showed that at a micro/nano carbon black dosage of less than
100 mg in 40 mL water containing 10 mg/L As (III), the micro/nano carbon black had little
adsorption of As (III); however, when the dosage of micro/nano carbon black was larger
than 100 mg, As (III) was oxidized to As (V). At a dosage of micro/nano iron oxide ranging
from 0-1000 mg in 40 mL water containing 80 pug/L pyrene, the micro/nano iron oxide
had little adsorption of pyrene (Figure S1).

Adsorption kinetics were studied for the adsorption of pyrene using micro/nano
carbon black and the adsorption of As (III) using micro/nano iron oxide at optimal dosages
of sorbents (5 mg for carbon black and 10 mg for iron oxide). The adsorption kinetics
data are shown in Figure 3. Both adsorptions reached equilibrium within 24 h, and the
adsorption data are fit well by both quasi-first-order and quasi-second-order kinetic models,
with the latter being better (Table 2). This indicated that the mechanisms of both adsorptions
were mainly chemical reactions. At equilibrium (24 h), the maximum adsorption capacity
of micro/nano carbon black for pyrene was 283.23 pug/g, while the maximum adsorption
capacity of micro/nano iron oxide for As was 3.45 mg/g.
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Figure 3. The adsorption kinetics of pyrene and As (III) by micro/nano carbon black and iron oxide.
(a) Adsorption kinetics of pyrene by micro/nano carbon black. (b) Adsorption kinetics of As (III) by
micro/nano iron oxide.

Table 2. The values of parameters in the adsorption kinetic models.

Svst Pseudo-first-order kinetics Pseudo-second-order kinetics
ystem
qe (mg/g) k1 (/h) R? qe (mg/g) ko (mg/(g-h)) R?
10-As 3.425 0.217 0.982 3.446 0.814 0.998
Pseudo-first-order kinetics Pseudo-second-order kinetics
System
qe (ug/g) k1(/h) R? qe (ug/g) ky (ug/(g-h)) R?
CB-Pyr 296.000 0.172 0.936 283.225 0.016 0.998

3.3. Adsorption Isotherms of Pyrene and As (I11) by Micro/Nano Carbon Black and Iron Oxide

The adsorption isotherms of pyrene using micro/nano carbon black are shown in Figure 4a.
Under the study conditions, the adsorption capacity of micro/nano carbon black for pyrene
increased with the initial concentration of pyrene in the liquid, and the equilibrium process
could be a good fit for the linear Henry model. The k-values in the different systems had
the following order: CB-Pyr (28.171 L/g) > CB-1O-Pry-As (17.785 L/g) > CB-Pyr-As-2
(16.581 L/g) > CB-Pyr-As-1 (7.914 L/g), as shown in Table 3. The presence of As (III)
reduced the adsorption coefficient of the micro/nano carbon black for pyrene, and this
impact increased with an increased concentration of As (III). The presence of iron oxide
slightly reduced the impact of As (III) due to its adsorption of As (III). Even though the

10



Toxics 2024, 12,251

iron oxide could adsorb As (III), the adsorption coefficient in the CB-IO-Pry-As system was
much lower than that in the CB-Pyr system.

Figure 4. Adsorption isotherms and fitting model parameters of micro/nano particles for pyrene
and As (III) (Details on the adsorption systems are shown in Table 1). (a) Adsorption isotherms of
pyrene on micro/nano carbon black, The black, blue, green and red lines represent the linear fit
for CB-Pyr, CB-Pyr-As-1, CB-Pyr-As-2 and CB-IO-Pyr-As, respectively; (b) Adsorption isotherms
of As (III) by micro/nano iron oxide, The black, blue, green and red lines represent the linear fit
for I0-As, I0-As-Pyr-1, I0-As-Pyr-2 and CB-1IO-Pyr-As, respectively. The colors of the fit lines are
corresponding to the colors of the legends.

Table 3. The values of parameters in the adsorption isotherms models.

Langmuir Model Freundlich Model
System * Qe ) )
Ky (L/mg) (mg/g) R Kr (L/mg) n (g/L) R
10-As 0.117 2.760 0.951 0.333 2.298 0.930
I0-As-Pyr-1 0.060 3.827 0.986 0.294 1.984 0.935
10-As-Pyr-2 0.059 3.367 0.987 0.250 1.946 0.947
CB-1I0-Pyr-As 0.079 3.366 0.954 0.294 1.967 0.951
Henry Model
System * R
Ky (L/g) R?
CB-Pyr 28.171 0.950
CB-Pyr-As-1 7914 0.969
CB-Pyr-As-2 16.581 0.966
CB-1I0-Pyr-As 17.785 0.943

* In I0-As-Pyr-1, the concentrations of As (III) ranged from 0.01 to 1 mg/L, and the concentration of pyrene was
kept at 80 pg/L; in IO-As-Pyr-2, the concentrations of As (III) ranged from 0.01 to 1 mg/L, and the concentration
of pyrene ranged from 1 to 80 ug/L; in CB-Pyr-As-1, the concentrations of pyrene ranged from 1 to 80 ug/L, and
the concentration of As (III) was kept at 1 mg/L; in CB-Pyr-As-2, the concentration of pyrene ranged from 1 to
80 ng/L, and the concentration of As (III) ranged from 0.01 to 1 mg/L.

The adsorption isotherms of As (III) using micro/nano iron oxide are shown in
Figure 4b. Under the study conditions, the adsorption capacity of the micro/nano iron
oxide for As (III) increased with the initial concentration of As (III) in the liquid, and
the equilibrium process could be a good fit for the Langmuir model and Freundlich
model, with the former being better (Table 3). The ge values in the different systems had
the following order: 10-As (2.762 mg/g) < CB-IO-Pry-As (3.366 mg/g) < 10-As-Pyr-2
(3.367 mg/g) < 10-As-Pyr-1 (3.827 mg/g), as shown in Table 3. The presence of pyrene
increased the adsorption capacity of the micro/nano iron oxide for As (IIl), and this impact
increased with an increased concentration of pyrene. The presence of carbon black barely
reduced the impact of pyrene, even though the carbon black easily adsorbed the pyrene.
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The adsorption capacity in the CB-IO-Pry-As system was much higher than in the IO-As
system. The obtained g values of As (III) were comparable with those reported in the
literature. However, the obtained qe values of pyrene were much less than those reported
in the literature, and the reason was that the initial concentrations in our study were much
less than those in the reported studies (Table S2).

The authors understand that the adsorption capacity of a material increases with an
increasing adsorbate concentration; therefore, a comparative table must be prepared with
other adsorbents present in the literature for the same purpose, describing the maximum
capacity obtained and the concentration used in each study.

3.4. Desorption Isotherms of Pyrene and As (III) from Micro/Nano Carbon Black and Iron Oxide

In the desorption experiment, the desorption of pyrene was not detected in any of
the studied systems, but a slight desorption of As (III) was detected. Figure 5 shows the
desorption isotherms of As (IIl) in the I0-As, CB-IO-Pry-As, and 10-As-Pyr-1 systems. The
desorption capacity of As (Ill) increased with the initial loading of As (III) in the solid
phase, and the equilibrium process could be described by both the Langmuir model and
the Freundlich Model, with the former being better, as shown in Table 4. Due to residual
As (III) in the liquid at the beginning of the desorption experiment, there were certain
errors in the calculation of the desorption isotherm parameters. Nevertheless, it could be
seen that the presence of pyrene reduced the desorption of As (III). Overall, the desorption
rates of As (III) were small (less than 4%).
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Figure 5. Desorption isotherms on micro/nano iron oxide, The black, blue and red lines represent the
linear fit for I0-As, I0-As-Pyr-1 and CB-IO-Pyr-As, respectively (Details on the adsorption systems
are shown in Table 1). The colors of the fit lines are corresponding to the colors of the legends.

Table 4. Langmuir and Freundlich models for desorption isotherms.

Langmuir Model Freundlich Model
System ; Qe ) ; )
Ky, (L/mg) (mg/g) R K (L/mg) n (g/L) R
10-As 0.222 3.103 0.999 0.546 1.764 0.978
10-As-Pyr-1 0.400 2.532 0.959 0.628 1.796 0.946
CB-IO-Pyr-As 0.181 3.946 0.990 0.592 1.709 0.972

4. Discussion
4.1. Adsorption Mechanism
This study showed that micro/nano carbon black had a strong adsorption of the

pyrene but hardly adsorbed As (III), while micro/nano iron oxide had a strong adsorption
of As (III) but hardly adsorbed the pyrene.

12
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Previous studies have shown that the adsorption mechanisms of carbon materials on
PAHs included hydrophobic interactions, van der Waals forces, and 7 bond
interactions [12,20,21]. Micro/nano carbon black has a large specific surface area, and its
surface hydrophobicity could create favorable conditions for the adsorption of pyrene [22].
In the production of micro/nano carbon black, high-temperature reactions of carbon-
containing substances might form some aromatic functional groups, which play an impor-
tant role in the adsorption of pyrene [23]. In addition to - interactions, N and O atoms
in carbon-based materials could provide lone-pair electrons and empty orbitals, forming
N-P interactions with 7t electrons in PAHs. At the same time, some polar functional groups
on carbon adsorbents can also enhance their polarity, which enhances the adsorption of
PAHs by using carbon materials in dipole interactions [13,22]. In this study, we attempted
to characterize the functional groups on the surface of micro/nano carbon black using the
FITR method, but due to the high blackness of the carbon material and its overall strong
absorption of infrared radiation, the functional groups could not be identified. However, an
XPS analysis detected certain amounts of O, N, and S, which might form polar hydrophobic
functional groups. After being adsorbed by the micro/nano carbon black, the pyrene was
difficult to desorb, indicating that the adsorption reaction was very strong.

Micro/nano iron oxide had strong adsorption of As (III), which was related to its large
specific surface area and abundant hydroxyl functional groups on the surface. In aqueous
solutions, the surfaces of metal oxides were covered by many hydroxyl groups, which
originated from the metal oxides themselves or the dissociation of water molecules [14].
The surface functional groups of micro/nano iron oxide were mainly composed of bound
water and -OH. After adsorbing As (III), the -OH absorption peaks at the wave numbers of
1091 cm 1, 1039 cm !, and 917 cm ! were significantly weakened, indicating that surface
hydroxyl groups participated in the adsorption process of As (III) using micro/nano iron
oxide (Figure 6). The hydroxyl groups on the surface of the iron oxide were able to form
complexes with various heavy metal ions to achieve adsorption, among which arsenite
was a good hydroxyl ligand [15]. The adsorption process first formed physical adsorption
through hydrogen bonding between O of the arsenite and H of the hydroxyl group. The
arsenite physically adsorbed on the surface of the iron oxide was further transformed into
monodentate or bidentate complexes. The Gibbs activation free energy of this process was
often low (less than 0), making the reaction easy to occur spontaneously [24]. Once they
exchanged with the hydroxyl groups on the surface of the iron oxide through a ligand
exchange to form inner spherical complexes, it was difficult to detach them from the surface
of the iron oxide.

100

Before adsorption
After adsorption
80

60

40

Transmittance (%)

20

T 44 15 & 3403

0 1 1 1 1 1 1 1
500 1000 1500 2000 2500 3000 3500 4000
Wavelength (cm™)

Figure 6. Changes in the FTIR spectra of micro/nano iron oxide before and after the adsorption of
As (IID).
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4.2. The Influence of Co-Existing Pollutants on the Adsorption

Although the micro/nano carbon black did not adsorb As (III), the presence of As (III)
reduced the adsorption of the pyrene when using micro/nano carbon black. The addition
of micro/nano iron oxide slightly reduced the impact of As (III) on the adsorption of pyrene
when using micro/nano carbon black. On the other hand, although the micro/nano iron
oxide did not adsorb the pyrene, the presence of the pyrene increased the adsorption of
As (IIT) when using the micro/nano iron oxide. The addition of the micro/nano carbon
black did not reduce the impact of the pyrene on the adsorption of As (III) when using
micro/nano iron oxide.

As (III) reduced the adsorption of pyrene when using micro/nano carbon black, which
might be related to the pH change in the solution after the addition of arsenite. This study
showed that arsenite is a weak acid that could bind with protons and hydrolyze in an
aqueous solution, and it mainly exists in the forms of H3AsO3; and HyAsO3; ™, increasing
the pH of the aqueous solution [25]. A higher pH was not conducive to the adsorption
of the pyrene when using micro/nano carbon black as OH- in the solution bound to the
surface of the carbon black. The negative charge on the surface of the micro/nano carbon
black increased the electrostatic resistance that the electron-rich pyrene needed to overcome
when being adsorbed on the surface, thereby reducing the adsorption efficiency [26]. Other
studies have suggested that in an aqueous solution of pyrene, which is different from
a small volume of metal cations (such as Li*), which are preferentially bound to water
molecules to form stable hydration shells, larger volume metal cations (such as K*) are
more likely to preferentially bind to the pyrene through cation—7 bonding, which might
compete for the 7t bonding sites of the pyrene with micro/nano carbon black [27]. In a study
by Eeshwarasinghe et al., heavy metals such as Cd, Cu, and Zn reduced the adsorption
capacities of PAHs by activating carbon particles, which was related to the decrease in
negative zeta potential [28].

Pyrene could increase the adsorption of As (III) when using micro/nano iron oxide,
which might be due to the strong affinity of pyrene with protons dissociated from water,
thereby promoting water ionization and producing more OH-. These OH- are further
combined with micro/nano iron oxide to form hydroxyl radicals on its surface, providing
more adsorption sites for arsenite [29,30]. Due to the large electron-rich conjugated 7
bond in aromatic compounds as well as the electron-deficient state of H and protons in
water molecules, pyrene molecules might combine with protons to form O-H ----7 or
H+----7t forces, which are electrostatic forces similar to hydrogen bonds and promote water
ionization [31]. So far, numerous theoretical calculations and experimental analyses using
benzene as a model have confirmed that the molecular process of Benzenem-H,On-H+
(m represents the number of benzene molecules) is widely present in aqueous benzene
solutions [32,33]. This may provide new approaches for the remediation of environments when
there is combined pollution of PAHs and As. In a study by Zhang et al., there was a synergistic
effect on the adsorptions of pyrene and Cu (I) when using silica adsorbents doped with Fe (III),
which might be attributed to the formation of pyrene-Cu (II) complexes [34].

We should be careful when dealing with nanomaterials to remediate the environ-
ment. Nanomaterials may cause toxicity to microbes and multi-cellular organisms [35].
In addition, the widespread application of nanomaterials in remediation has been ham-
pered by challenges in accurately delivering them to contaminated sites due to their rapid
aggregation and/or retention. An understanding of the processes that influence the envi-
ronmental transportation and fate of nanomaterials is critical for optimizing environmental
applications and assessing risks [36].

5. Conclusions

This study investigated the adsorption of pyrene and As (III) when using micro/nano
carbon black and iron oxide under individual and co-existing conditions. The micro/nano
carbon black easily adsorbed the pyrene (pseudo-second-order rate constant of 0.016 mg/(g-h)
and adsorption capacity of 283.23 pug/g at 24 h), while the micro/nano iron oxide easily
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adsorbed As (III) (pseudo-second-order rate constant of 0.814 mg/(g-h) and adsorption
capacity of 3.45 mg/g at 24 h). The mechanisms of the adsorptions were mainly chemical
reactions. The adsorption isotherms of the pyrene best fit the Henry model, while the
adsorption isotherms of As (III) best fit the Langmuir model. The presence of As (III)
reduced the adsorption of the pyrene when using micro/nano black carbon, and this
impact increased with an increase in the As (III) concentration. The presence of pyrene
increased the adsorption of As (III) when using micro/nano iron oxide, and this impact
increased with an increase in the pyrene concentration. The interactions between the
micro/nano carbon black and micro/nano iron oxide were small. These results provide
guidance for the risk management and remediation of the environment when there is a
combined pollution of PAHs and As.

There were limitations in this study. The functional groups on the surface of the mi-
cro/nano carbon black could not be measured using the FITR method, and, therefore, the
deeper reaction mechanism was not clarified. In addition, factors influencing the adsorptions
of the pyrene and As (III) when using the micro/nano carbon black and iron oxide were not
investigated. In future studies, the mechanisms and influencing factors of the impact of the
co-existence of pyrene and As (III) on their adsorptions should be explored.
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Abstract: Groundwater contaminated by benzene and toluene is a common issue, posing a threat
to the ecosystems and human health. The removal of benzene and toluene under sulfate-reducing
condition is well known, but how the bacterial community shifts during this process remains unclear.
This study aims to evaluate the shift in bacterial community structure during the biodegradation of
benzene and toluene under sulfate-reducing condition. In this study, groundwater contaminated
with benzene and toluene were collected from the field and used to construct three artificial samples:
Control (benzene 50 mg/L, toluene 1.24 mg/L, sulfate 470 mg/L, and HgCl, 250 mg/L), S1 (benzene
50 mg/L, toluene 1.24 mg/L, sulfate 470 mg/L), and S2 (benzene 100 mg/L, toluene 2.5 mg/L,
sulfate 940 mg/L). The contaminants (benzene and toluene), geochemical parameters (sulfate, ORP,
and pH), and bacterial community structure in the artificial samples were monitored over time.
By the end of this study (day 90), approximately 99% of benzene and 96% of toluene could be
eliminated in both S1 and S2 artificial samples, while in the Control artificial sample the contaminant
levels remained unchanged due to microbial inactivation. The richness of bacterial communities
initially decreased but subsequently increased over time in both S1 and S2 artificial samples. Under
sulfate-reducing condition, key players in benzene and toluene degradation were identified as
Pseudomonas, Janthinobacterium, Novosphingobium, Staphylococcus, and Bradyrhizobium. The results
could provide scientific basis for remediation and risk management strategies at the benzene and
toluene contaminated sites.

Keywords: benzene; toluene; sulfate reduction; biostimulation; bacterial community

1. Introduction

Groundwater contamination by petroleum hydrocarbons has emerged as a pressing
environmental issue, largely stemming from oil spills and leaks from underground pipes
and storage tanks during oil production, transportation, and storage at various indus-
trial sites [1,2]. Among the suite of petroleum hydrocarbons, BTEX (benzene, toluene,
ethylbenzene, and xylene) are of particular concern due to their toxicity and carcinogenic-
ity [3,4]. Moreover, given their relatively high water solubility, BTEX compounds can
migrate through natural groundwater flow systems, potentially contaminating distant
drinking water sources [5].

In natural environments, microorganisms harness energy for cellular growth and main-
tenance by facilitating the transfer of electrons from electron donors to electron acceptors [6].
Typically, electron acceptors are elements or compounds existing in relatively oxidized
states, and they mainly encompass dissolved oxygen (DO), nitrate (NO3; ™), manganese
(IV) (Mn**), ferrous iron (Fe3*), sulfate (SO427), and carbon dioxide (CO,) [6-8]. Under
most circumstances, biodegradation in aquifers primarily occurs through sulfate reduction
under natural conditions. Thierrin et al. have documented BTEX biodegradation under
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sulfate-reducing condition resulting from a gasoline spill [9]. Thus, the potential utilization
of sulfate-reducing processes for the remediation of BTEX-contaminated groundwater
presents a practical and cost-effective remedial option for addressing petroleum hydro-
carbon contamination [4,10-15]. Several studies have detailed the contaminant removal
performance achieved through sulfate-reducing processes. For example, Chen et al. report
the highest biodegradation rates under sulfate-reducing conditions compared to denitrify-
ing, manganese-reducing, and iron-reducing conditions [4]. This superior performance is
attributed to the greater abundance of SO4>~ -reducing bacteria in the culture relative to
other reducing bacteria. Lovley et al. demonstrate that under sulfate-reducing conditions,
benzene is readily mineralized to CO, and water, without producing intermediate products
like phenol, benzoate, or acetate [11]. Huang et al. explore the use of sulfate reduction
mechanisms for simultaneous bioremediation of toluene and copper-contaminated ground-
water, achieving nearly 99% removal of both contaminants over a 40-day period. The
bacterial composition on day 30 included Citrobacter, Klebsiella, Acinetobacter, Pseudomonas,
Bacteroides, Clostridium, Bacteroides, Rhodoplanes, Betaproteobacteria, Zoogloea resiniphila, and
Dysgonomonas [14]. Juliana documents that combined biostimulation of iron and sulfate
reduction accelerates BTEX and PAH biodegradation in diesel/biodiesel blends, maintain-
ing low dissolved concentrations of benzene and naphthalene throughout the experiment
compared to a baseline control under monitored natural attenuation. Geobacter spp. and
GOUTA19 spp. appear to play key roles in the anaerobic biodegradation of diesel/biodiesel
blends under iron and sulfate reduction [16]. Norma compares the performance of two
permeable reactive barriers with differing internal substrate configurations—one contain-
ing a sulfate solution without metals, the other with metals—for treating groundwater
contaminated with acid mine drainage. Bacterial diversity was higher at the beginning and
middle of the experiment in both systems [17].

However, the specific changes in the bacterial community in response to contaminant
concentration and reactive phase during the biodegradation of benzene and toluene un-
der sulfate-reducing condition remain unclear. To address this gap, actual benzene and
toluene-contaminated groundwater from a petrochemical site was collected to construct
artificial samples. Supplementary electron acceptor SO4%~ was added to investigate the fea-
sibility of enhanced sulfate reduction for remediating benzene and toluene-contaminated
groundwater. The study aimed to evaluate the shift in the bacterial community structure
during the biodegradation of benzene and toluene under sulfate-reducing condition and
identify the key bacteria that are most effective in the biodegradation process of benzene
and toluene under sulfate-reducing condition. Understanding the dynamics of microbial
communities offers a scientific foundation for optimizing bioremediation strategies. This
knowledge enables the enhancement of their activities or the targeted introduction of
these microorganisms into environments where they can exert maximum efficacy, thereby
improving remediation outcomes.

2. Materials and Methods
2.1. Groundwater Sampling and Analysis

Groundwater contaminated with benzene and toluene was obtained for this study. The
research site is situated within a petrochemical complex in southeaster China that has been
operational for more than three decades. Figure 1 illustrates the layout of the contaminated
site along with the positioning of the well. The aquifer medium primarily consists of sandy
clay in the examined depth range. Predominantly, the groundwater type found here is
Quaternary phreatic groundwater, which extends from a depth of 3 m to 15 m beneath
the surface. The natural flow direction of the groundwater flows predominantly from
the northwest towards the southeast. Groundwater samples (W06) were collected using
MicroPurge Low flow groundwater sampling system (SamplePRO, QED Environmental
Systems Limited Inc., Hong Kong, China) after the construction of the wells.
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Figure 1. Locations of the groundwater sampling point.

pH, ORP, and DO were measured in situ using respective portable testers. Ion Chro-
matography (DIONEXTM AQUIONTM Thermo Scientific, Waltham, MA, USA) was em-
ployed to determine SO42~ and NO;~ anions. Cations, particularly Fe?* and Mn?*, were
quantified using a portable HACH DR3900 analyzer following the standard methods
8146 (1,10-phenanthroline photometric method) and 8034 (periodate method), respec-
tively. The concentrations of benzene and toluene were analyzed using purge-trap and gas
chromatography-mass spectrometry (GC-MS, Agilent 7890B 5977B-Atomx XYZ Analytical
Instruments, Agilent, Santa Clara, CA, USA), following the procedures outlined in US EPA
Method 502.2 [18].

2.2. Artificial Sample Setup

Three artificial samples, Control, S1, and S2 have been set up, and their components
were shown in Table 1. In the control artificial sample, 250 mg/L HgCl, was added to
inhibit microbial activity. The anaerobic artificial samples were assembled in 50 mL glass
serum bottles, each filled to capacity with the contaminated groundwater (with benzene
and toluene) and sulfate. The contaminant concentrations were adjusted by diluting the
groundwater with deionized water to achieve the targeted concentrations. The artificial
samples were prepared inside an N, glovebox. The artificial sample experiment was
conducted over a 90-day period. On day 1, 3, 20, 40, 60, and 90, samples were collected
for analysis of benzene, toluene, sulfate, ORP, and pH. On day 3, 40, and 90, samples were
collected for analysis of bacterial community structure.

Table 1. Components of three artificial samples.

Artificial Sample Components
contaminated groundwater containing benzene (50 mg/L) and toluene
Control (1.24 mg/L) + 250 mg/L HgCly+ sulfate (470 mg/L) + yeast extract
(50 mg/L)

contaminated groundwater containing benzene (50 mg/L) and toluene
(1.24 mg/L) + sulfate (470 mg/L) + yeast extract (50 mg/L)

contaminated groundwater containing benzene (100 mg/L) and toluene
(2.5mg/L) + sulfate (940 mg/L) + yeast extract (50 mg/L)

S1

S2

2.3. Analytical Method

At each sampling time point, three artificial sample bottles from each group were
analyzed. pH and ORP were measured in situ using respective portable testers. Ion Chro-
matography (DIONEXTM AQUIONTM Thermo Scientific) was employed to determine
SO42~ anions. The concentrations of benzene and toluene were analyzed using purge-
trap and gas chromatography-mass spectrometry (GC-MS, Agilent 7890B 5977B-Atomx
XYZ Analytical Instruments, Agilent, USA), following the procedures outlined in US EPA
Method 502.2 [18].
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2.4. Analysis of Bacterial Community Sturcture

Bacterial DNA was extracted using the MagPure Soil DNA LQ Kit (Magen Biotechnol-
ogy, Guangdong, Guangzhou, China) following manufacturer’s instructions to investigate
the microbial diversity of the contaminated groundwater as shown in Table S1. The in-
tegrity and concentration of the extracted DNA were determined using a NanoDrop 2000
spectrophotometer (Thermo Fisher Scientific, Waltham, MA, USA) and agarose gel elec-
trophoresis, respectively. PCR amplification of the V3-V4 hypervariable regions of the
bacterial 16S rRNA gene (94 °C for 5 min, followed by 26 cycles at 94 °C for 30 s, 56 °C
for 30 s, and 72 °C for 20 s and a final extension at 72 °C for 5 min) was carried out in
a 25 pL reaction using universal primer pairs 343F (5'-TACGGRAGGCAGCAG-3') and
798R (5'-AGGGTATCTAATCCT-3') [19]. The reverse primer contained a sample barcode
and both primers were connected with an Illumina sequencing adapter. The polymerase
chain reaction (PCR) reaction system and reaction conditions are shown in Table S1 in the
supplemental materials.

The Amplicon quality was visualized using gel electrophoresis. The PCR products
were purified with Agencourt AMPure XP beads (Beckman Coulter Co., Brea, CA, USA)
and quantified using Qubit dsDNA assay kit. The concentrations were then adjusted for
sequencing. Sequencing was performed on an Illumina NovaSeq6000 with two paired-end
read cycles of 250 bases each. (Illumina Inc., San Diego, CA, USA).

Paired-end reads were preprocessed using Trimmomatic software 0.39 to detect and
cut off ambiguous bases. It also cut off low quality sequences with average quality score
below 20 using sliding window trimming approach. After trimming, paired-end reads
were assembled and employed the base with a higher quality score as the output using
FLASH software 32.0.0.465. Parameters of assembly were: 10 bp of minimal overlapping,
200 bp of maximum overlapping and 20% of maximum mismatch rate. Sequences were
performed further denoising as follows: reads with ambiguous, homologous sequences
or below 200 bp were abandoned. Reads with 75% of bases above Q20 were retained
using QIIME software 2023.5. Then, reads with chimera were detected and removed using
VSEARCH 2.28.1. Clean reads were subjected to primer sequences removal and clustering
to generate operational taxonomic units (OTUs) using Abundance-based Greedy Clustering
algorithm with 97% similarity cutoff. The representative read of each OTU was selected
using QIIME package. All representative reads were annotated and blasted against Silva
database (Version 132) using RDP classifier (confidence threshold was 70%) [20].

Alpha diversity indices were calculated to evaluate the diversity of bacterial com-
munity structure. The Chaol index was used to estimate community richness, while the
Shannon diversity index and the Simpson diversity index were employed to assess commu-
nity diversity. All the aforementioned indices were computed using Mothur 1.43.0, with the
input dataset undergoing neither subsampling nor screening, given the adequate sequence
depth. Beta diversity was analyzed to demonstrate the similarities or disparities among
the artificial samples using Principal Components Analysis (PCA), with the application of
Aitchison distances for metrics calculations.

3. Results
3.1. Physicochemical Properties and Bacterial Communitry Structure of the Collected Groundwater

The physiochemical properties of the collected groundwater used in the artificial
samples are shown in Table 2. The groundwater was mildly acidic and in a reducing
state, as evidenced by a pH of 5.89 and an ORP of —86 mV. The DO, NO;~, and SO,2
concentrations, serving as electron acceptors in microbial-mediated redox reactions, were
found to be low. The primary contaminants were benzene and toluene, with benzene at
209.00 mg/L and toluene at 5.18 mg/L. Other contaminants, predominantly comprising
ethylbenzene and xylene, were present at relatively low levels and were thus disregarded
in the batch artificial sample study. Consequently, the limited availability of electron
acceptors, the negative ORP, and the high contaminant concentrations collectively suggest
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that the environment is conducive to anaerobic microbial degradation of contaminants in
the groundwater sample [6].

Table 2. Physiochemical properties of the collected groundwaters used in the artificial samples.

H ORP DO NO;~ S04~ Fe?* Mn? Benzene Toluene Ethylbenzene m, p-Xylene o-Xylene
P (mV) (mg/L) (mg/L) (mg/L) (mg/L) (mg/L) (mg/L) (mg/L) (mg/L) (mg/L) (mg/L)
5.89 —86 0.75 0.797 2.82 8.84 2.65 209.000 5.180 0.460 0.110 0.188

The richness of bacterial communities in the collected groundwater, as measured
by Chaol values, is 1229.74. The Shannon and Simpson index values in the collected
groundwater are 5.29 and 0.9391, respectively. Figure 2 shows the bacterial community
structure of the groundwater at phylum, class, and genus levels.
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Figure 2. Bacterial communities of the groundwater sample at phylum level (A), class level (B) and
genus level (C).

Prior to sulfate addition, the dominant phyla detected in the artificial samples were
Proteobacteria, Bacteroidota, Firmicutes, Patescibacteria, and Actinobacteriota. Proteobac-
teria, the most abundant phylum, encompasses a diverse array of facultative or obligate
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anaerobic microorganisms frequently encountered in wastewater cultures and groundwater
sediments [21]. These organisms have been demonstrated to possess the ability to degrade
BTEX (benzene, toluene, ethylbenzene, and xylenes) compounds. Bacteroidota, typically
recognized as heterotrophic aerobic and nitrifying bacteria, are capable of degrading a wide
range of organic substances [22]. Firmicutes and Actinobacteria, increasingly identified
in various phylogenetic lineages, are known to encompass manganese-oxidizing bacteria
(MnOB) [3] and play significant roles in nitrate reduction processes. Patescibacteria, ubiqui-
tously present in groundwater, sediments, and lakes, harbor a repertoire of organic-active
enzymes that facilitate the degradation of complex organic matter into simpler molecules,
as evidenced by previous research [22].

At the class level, the bacterial community in the artificial samples prior to sulfate ad-
dition was primarily composed of Gammaproteobacteria, Alphaproteobacteria, Bacteroidia,
Parcubacteria, and Actinobacteria. It is noteworthy that Gammaproteobacteria and Al-
phaproteobacteria have been documented as the dominant classes in BTEX-contaminated
groundwater ecosystems [3]. Bacteroidia, on the other hand, are believed to play a crucial
role in the decomposition of complex molecules into simpler compounds, particularly in
the utilization of nitrogenous substances under strictly anaerobic conditions [21].

At the genus level, Ralstonia, Curvibacter, Sphingomonas, and Candidatus genera were
among the most prevalent at the genus level. Ralstonia species have been isolated from
oil-contaminated soil samples [23], demonstrating their potential role in hydrocarbon
degradation. Sphingomonas, being a strictly aerobic bacterium, is known for its capability
to degrade macromolecular organic contaminants, particularly polycyclic or monocyclic
aromatic compounds. It thrives in environments with contaminants, showing higher popu-
lation densities when contaminants are present. Curvibacter, on the other hand, has been
identified to degrade BTEX (Benzene, Toluene, Ethylbenzene, and Xylenes) under hypoxic
conditions, which underscores its significance in anaerobic or low-oxygen environments.
Each of these genera contributes to the natural attenuation of contaminants in groundwater
systems, and their populations can shift in response to sulfate addition and varying contam-
inant concentrations, highlighting their adaptability to different environmental conditions.

3.2. Biodegradation of Benzene and Toluene in the Artificial Samples

The efficacies of concurrent benzene and toluene elimination under sulfate-reducing
conditions in the artificial samples were assessed. Figure 3 depicts the changes of con-
centrations of benzene and toluene over the 90-daystudy. Remarkably, approximately
99% of benzene was removed in both S1 and S2 mcirocosms within 90 days. Similarly,
approximately 96% of toluene was eliminated in both S1 and S2 artificial samples over
the same period. In contrast, the concentrations of benzene and toluene in the Control
artificial sample remained constant due to microbial inactivation. The degradation kinetics
of benzene and toluene in S1 and S2 generally follow a first-order reaction pattern. In
S1, the first-order degradation rate constants are as follows: 0.06744 d ! for benzene and
0.08118 d ! for toluene. In S2 artificial sample, the corresponding first-order degradation
rate constants are 0.05252 d ! for benzene and 0.03955 d ! for toluene. Notably, the degra-
dation rates of benzene and toluene in S1 and S2 artificial samples were influenced by the
concentrations of these pollutants.

23



Toxics 2024, 12,423

A

—a&— Control
—e— Sl
—&—S2

80

[=.}
(=]

Coneentration(mg/L:)

0 20 40 60 80
Time(d)

Concentration(mg/L)

Time(d)

Figure 3. Changes in benzene (A) and toluene (B) concentration during the 90 days period.

3.3. Changes of Geochemcial Parameters in the Artificial Samples

Figure 4 illustrates the variations in sulfate concentration within the artificial samples.
Based on the theoretical sulfate requirement for benzene biodegradation, every gram of
benzene degradation necessitates 4.7 g of sulfate. In the S1 artificial sample, the sulfate
concentration dwindled from an initial 470 mg/L to 352 mg/L and further to 287 mg/L
after 20 and 40 days, respectively. Concurrently, in the S2 artificial sample, the sulfate con-
centration descended from 940 mg/L to 665 mg/L and then to 598 mg/L following 20 and
40 days, respectively. Overall, the decline in sulfate concentration approximately mirrors a
4.7-fold reduction in benzene concentration. The observed sulfate concentration alterations
align with the predicted sulfate consumption. As expected, the sulfate concentration in the
Control artificial sample remained unaltered throughout the experiment. It is noteworthy
that reported ratios between sulfate reduction and contaminant degradation were 3.51 and
4.33 for benzene and toluene, respectively, which were strikingly close to their theoretical
counterparts [24]. This congruity substantiates the significant role of sulfate reduction in
mediating the biodegradation of benzene and toluene in these artificial samples.
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Figure 4. Changes in sulfate concentration during the 90 days period.

Thus, the observed anaerobic biodegradation of organic compounds in the artificial
samples can be attributed to the sulfate-reducing process. The introduction of additional
sulfate into the S1 and S2 artificial samples facilitated sulfate reduction as the predominant
mechanism for benzene and toluene degradation. Essentially, microorganisms within these
artificial samples utilized sulfate as the electron acceptor and benzene as the electron donor,
thereby facilitating the degradation of benzene. This finding confirms the pivotal role of
sulfate-reducing bacteria in mediating the anaerobic breakdown of benzene and toluene
under sulfate-rich conditions.

Figure S1 presents the fluctuations in pH and ORP values throughout the artificial
sample study. The pH values in S1 and S2 artificial samples were slightly higher than that
of the Control group, but still remained within the neutral range, which was favorable
for microbial activity. The Control artificial sample’s ORP remained relatively stable,
fluctuating around —50 mV. In contrast, the ORP values in S1 and S2 artificial samples
experienced a rapid decrease after 3 days. Subsequently, S1 artificial sample stabilized at
around —140 mV, while S2 artificial sample maintained a level of approximately —120 mV.
The significant decrease in ORP values observed in S1 and S2 after 3 days indicates a shift
in the redox state, likely due to increased microbial activity in the availability of electron
donors and acceptors. The stabilization of ORP at lower values in these artificial samples
suggests that the system has adapted to a new set of conditions, potentially indicating a
more reducing environment.

3.4. Changes of Bacterial Community Structures in the Artificial Samples

As demonstrated earlier, the introduction of sulfate significantly promoted sulfate
reduction as the primary pathway for benzene and toluene biodegradation in the S1 and S2
artificial samples. This observation strongly suggests the presence of microorganisms
within the artificial sample environment possessing sulfate-reducing capabilities, which
actively participated in the degradation of the target contaminants. These sulfate-reducing
bacteria likely utilized sulfate as an electron acceptor and benzene/toluene as electron
donors, driving the anaerobic degradation process observed in the study:.

Table 3 displays the richness and alpha diversity estimators of the bacterial communi-
ties present in the artificial samples. In both S1 and S2 artificial samples, the richness of
bacterial communities, as measured by Chaol values, initially decreased and subsequently
increased over time. The Shannon and Simpson index values, which are proxies for com-
munity diversity, demonstrated a similar trend for both artificial samples. This pattern is
likely a consequence of the addition of sulfate, which altered the groundwater environ-
ment and fostered the proliferation of sulfate-reducing bacteria. As the sulfate reducers
progressively became the dominant bacterial species following sulfate supplementation [4],
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a temporary decrease in bacterial diversity and richness was observed at day 40, however,
by day 90 bacterial diversity and richness exhibited a substantial increase. Given that the
contaminants have become negligible at this stage, they no longer exerted a strong selective
pressure on the bacterial community, allowing for the resurgence of bacterial diversity in
the later stages of the incubation under sulfate-reducing conditions.

Table 3. The richness, diversity estimators and alpha diversity estimators of bacterial community in
the S1 and S2 artificial samples.

Observed Goods

Samples Chaol Shannon Simpson . PD-Whole Tree
Species Coverage
S11 (3d) 581.33 7.18 0.9674 580.50 0.9999 50.24
512 (40 d) 133.13 2.56 0.7016 132.60 0.9999 17.44
513 (90 d) 1429.26 8.81 0.9780 1422.90 0.9994 101.80
521 (3d) 513.53 6.41 0.9430 512.70 0.9999 46.19
522 (40 d) 109.72 2.08 0.6815 108.50 0.9999 15.82
523 (90 d) 1072.56 7.18 0.9075 1068.00 0.9996 77.54

Furthermore, throughout the entire artificial sample study, the Chao 1 value for the S1
artificial sample consistently surpassed that of the S2 artificial sample. A parallel trend was
observed in the Shannon and Simpson index values. This indicated a correlation between
bacterial richness and diversity and the contaminant concentration, where higher level
of contaminants exerted more toxic effects on bacterial growth. This phenomenon was
corroborated in the literature through comparisons of results at multiple sampling points
along groundwater flow paths [25].

To illustrate the relationship between microbial structures in various artificial samples,
two-dimensional PCA plots were presented in Figure 5. It is well understood that the
distances between samples are crucial for analysis within a PCA plot. Typically, samples
that cluster closely together indicate a higher degree of similarity in their microbial commu-
nity composition, while those that are more widely spaced suggest greater disparities in
community structure. Utilizing PCA with Aitchison distances, the S1 and S2 artificial sam-
ples, collected during the same reaction period at 3 d and 40 d, clustered closely together,
indicating a high level of similarity in their microbial community structures. In contrast, ar-
tificial samples S13 and S23, taken after 90 days of reaction, were notably distant from each
other on the PCA plot, highlighting a substantial difference in their respective microbial
communities. Conversely, samples from the same group but obtained at disparate reaction
stages appeared more distantly located on the PCA plot, reflecting a marked dissimilarity in
their microbial compositions as time progressed. These alterations in microbial community
structures correlate with fluctuations in contaminant concentration levels.

Figure 6 shows the comparisons of bacterial community structures in different sam-
ples. Following the addition of sulfate at day 3, the dominant phyla detected shifted
to Proteobacteria, Bacteroidota, and Firmicutes, with a marked decrease in the relative
abundance of other phyla. At day 40, the proportion of Proteobacteria reached its peak,
coinciding with a substantial decline in contaminant concentrations, although still sufficient
to exert a selective pressure on the microbial population. By day 90, with contaminants
present at negligible levels, bacterial diversity rebounded significantly. The fluctuations in
phylum-level composition parallel the trends observed in the Shannon and Simpson diver-
sity indices, indicating that the dominance of Proteobacteria, Bacteroidota, and Firmicutes
in the groundwater artificial samples during this period was accompanied by a substantial
reduction in bacterial diversity.

At the class level, at day 3, following sulfate addition, Gammaproteobacteria, Al-
phaproteobacteria, Bacteroidia, and Bacilli continued to dominate the bacterial community
at the class level, displaying a resemblance to the community structure in the absence of
sulfate. At day 40, the bacterial community was predominantly comprised of Gammapro-
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teobacteria and Alphaproteobacteria, whereas at day 90, Gammaproteobacteria, Alphapro-
teobacteria, and Bacteroidia regained their dominance.
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Figure 5. Two-dimensional PCA of the S1 and S2 artificial samples using the Aitchison distances.

] — = —
- A
M Proteobacteria
W Bacteroidota
W Firmicutes
M Actinobacteriota
Gemmatimonadota
m Acidobacteriota
 Myxococcota
Desulfobacterota
i Campilobacterota
Spirochaetota
Nitrospirota
i Bdellovibrionota
Fibrobacterota
M Fusobacteriota
M Patescibacteria
W others
@ 8

§ a 8
27

100

]
80
60
40
20
0 -

o

@

Figure 6. Cont.

Relative abundance(%)




Toxics 2024, 12,423

Figure 6. Bacterial communities of the treated groundwater samples at phylum (A), class (B), and
genus (C) levels (S11 represents S1 at 3 days; S12 represents S1 at 40 days; S13 represents S1 at 90 days;
521 represents S2 at 3 days; S22 represents S2 at 40 days; S23 represents S2 at 90 days).

Relative abundance(%)

Relative abundance(%)

At the genus level, at day 3 post-sulfate addition, Pseudomonas, Staphylococcus, Novosph-
ingobium, and Bradyrhizobium began to flourish and emerged as the dominant genera in
the bacterial community. At day 40, Pseudomonas, Janthinobacterium, and Novosphingobium
took precedence. The presence of these genera is consistent with their known involve-
ment in aromatic hydrocarbon degradation. Pseudomonas, in particular, plays a pivotal
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role in benzene and naphthalene biodegradation under sulfate-reducing conditions. The
bacteria detected in both artificial samples at day 40 are likely anaerobic, contributing to
benzene and toluene degradation under anaerobic circumstances. Notably, Pseudomonas
and Janthinobacterium were more dominant in the heavily contaminated S2 groundwater,
while Pseudomonas and Novosphingobium were more prominent in the less contaminated S1
groundwater. By day 90, Clade and Staphylococcus topped the list of dominant genera, with
a notably higher diversity compared to day 40. These findings highlight the significant
shifts in the bacterial community structure over time. The bacterial community in the
sulfate-treated groundwater samples differed significantly from that of the pre-sulfate
addition samples. The results reveal that the bacteria present in the artificial samples at day
3, 40, and 90 did not maintain a consistent relationship, signifying that the contaminants
and sulfate supplementation led to substantial changes in bacterial diversity within the
artificial samples. This transformation could be due to the altered physical and chemical
conditions in the artificial samples brought about by the sulfate addition and changing
contaminant levels.

At the same time intervals, it’s evident that the bacterial domestication, or adaptation
to specific conditions in the S2 artificial sample was more pronounced compared to the S1
mcirocosm. This difference can be attributed to the higher contaminant concentration in
the S2 artificial sample. Excessive contaminant levels can exert toxic effects on bacterial
growth, which can lead to selection pressures that favor the survival and proliferation of
certain bacterial populations better adapted to tolerate or degrade the contaminants [26].
Consequently, the more contaminated S2 artificial sample experienced a more dramatic
shift in its bacterial community composition, reflecting a stronger domestication process as
it adjusted to the sulfate-reducing conditions and the presence of high contaminant loads.

The original groundwater sample, which did not receive sulfate addition, exhibited a
more diverse bacterial community compared to the samples at day 40 post-sulfate treat-
ment. Conversely, the sulfate-amended samples harbored predominantly anaerobic sulfate-
reducing bacteria, such as Pseudomonas, Janthinobacterium, and Novosphingobium, which was
in line with the ample availability of sulfate as an electron acceptor in these artificial sam-
ples. Moreover, the temporal changes in bacterial community richness and diversity closely
mirrored the fluctuation in contaminant concentrations. Based on the results, several bacte-
rial genera were identified as benzene/toluene-degrading bacteria under sulfate-reducing
conditions. These include Pseudomonas, Janthinobacterium, Novosphingobium, Staphylococcus,
and Bradyrhizobium. These findings underscore the critical role played by these bacteria in
the anaerobic degradation of benzene in the presence of sulfate.

Understanding the dynamics of these microbial communities provides a scientific
foundation for optimizing bioremediation strategies in the following ways.

1.  Enhancing activities: By adjusting environmental parameters such as pH, ORP, and
sulfate availability for the growth and metabolic activity of these bacteria, it is possible
to enhance their degradation capabilities.

2. Targeted introduction: Knowing these bacteria are most effective at degrading ben-
zene can guide the targeted introduction of these species into contaminated envi-
ronments. This approach can be more effective than a general inoculation with an
undefined microbial mixture.

3. Monitoring and adjustment: Regular monitoring of the microbial community structure
can help assess the progress of bioremediation and allow for timely adjustments to
the strategy.

In conclusion, the study of these specific bacterial communities and their roles in
the anaerobic degradation of benzene provides valuable information that can be used to
improve the effectiveness of bioremediation strategies. This knowledge not only contributes
to the remediation of contaminated sites but also enhances our understanding of the
complex microbial interactions that occur in the environment.
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4. Conclusions

This study investigated the shifts in the bacterial community structure during the
biodegradation of benzene and toluene under sulfate-reducing conditions. In both S1
(benzene 50 mg/L, toluene 1.24 mg/L, sulfate 470 mg/L) and S2 (benzene 100 mg/L,
toluene 2.5 mg/L, sulfate 940 mg/L) artificial samples, approximately 99% benzene and
96% toluene were removed from the water over a 90-day period. The contaminant concen-
tration has a profound impact on the abundance and diversity of the bacterial communities.
As the contaminant concentration decreased, bacterial abundance and diversity tended
to increase, logically consistent with the notion that excessively high contaminant lev-
els can exert toxic effects on bacterial growth. Under sulfate-reducing conditions, key
players in benzene/toluene degradation were identified as Pseudomonas, Janthinobacterium,
Novosphingobium, Staphylococcus, and Bradyrhizobium. Specifically, Pseudomonas and
Janthinobacterium were found to dominate in the more heavily contaminated groundwater
samples, while Pseudomonas and Novosphingobium were more prevalent in the less contam-
inated samples. The biological remediation under sulfate reduction processes provides
a promising, efficient, and cost-effective strategy for remediating BTEX-contaminated
groundwater. By harnessing the metabolic capabilities of sulfate-reducing bacteria and
understanding their responses to varying contaminant concentrations, this approach can
enhance the effectiveness of groundwater cleanup efforts.
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Abstract: The increasing utilization of zinc oxide nanoparticles (ZnO-NPs) in many consumer
products is of concern due to their eventual release into the natural environment and induction of
potentially adverse impacts. The behaviour and environmental impacts of ZnO-NPs could be altered
through their interactions with environmentally coexisting substances. This study investigated
the changes in the behaviour of ZnO-NPs in the presence of coexisting organic pollutants (such as
perfluorooctanoic acid [PFOA]), natural organic substances (i.e., humic acid [HA]), and electrolytes
(i.e., NaCl and CaCly) in simulated waters. The size, shape, purity, crystallinity, and surface charge of
the ZnO-NPs in simulated water after different interaction intervals (such as 1 day, 1 week, 2 weeks,
and 3 weeks) at a controlled pH of 7 were examined using various characterization techniques.
The results indicated alterations in the size (such as 162.4 nm, 1 day interaction to >10 um, 3 weeks
interaction) and zeta potential (such as —47.2 mV, 1 day interaction to —0.2 mV, 3 weeks interaction) of
the ZnO-NPs alone and when PFOA, electrolytes, and HA were present in the suspension. Different
influences on the size and surface charge of the nanoparticles were observed for fixed concentrations
(5 mM) of the different electrolytes. The presence of HA-dispersed ZnO-NPs affected the zeta
potential. Such dispersal effects were also observed in the presence of both PFOA and salts due to
their large aliphatic carbon content and complex structure. Cation bridging effects, hydrophobic
interactions, hydrogen bonding, electrostatic interactions, and van der Waals forces could be potential
interaction forces responsible for the adsorption of PFOA. The presence of organic pollutants (PFOA)
and natural organic substances (HA) can transform the surface characteristics and fate of ZnO-NPs

in natural and sea waters.

Keywords: zinc oxide nanoparticles; perfluorooctanoic acid; humic acid; electrolytes; adsorption;
zeta potential; aggregation

1. Introduction

Zinc oxide nanoparticles (ZnO-NPs) are among the most abundantly synthesized
metal oxide-based nanoparticles, with an estimated annual global market of USD 3600 million
and a global yield of 10 Mt [1]. This is due to their popular application in cosmetics, elec-
tronics, medical dressings, paints, textiles, UV filters, and other products [2-4]. Among the
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several causes of toxicity due to exposure to ZnO-NPs in water systems, the three major
mechanisms for the toxic effects to the ecosystems are (1) photocatalytic activity and gener-
ation of reactive oxygen species, (2) release of dissolved zinc ions, and (3) attachment of the
ZnO-NPs to the cell wall through electrostatic interactions, damaging the DNA structure
and causing oxidative stress, etc. However, due to their small size, large surface-to-mass
ratio, and strong ability to pose toxic effects (i.e., an impact on microbial and aquatic
communities, such as DNA damage, oxidative stress, and soil and plant transfer) in the
environment, ZnO-NPs can pose a problem for ecological receptors in water, soil, and
human health [5-8]. The occurrence of ZnO-NPs in environmental samples and wastewater
treatment plants (WWTPs) is well documented [2,9,10]. The presence of ZnO-NPs also
hinders the degradation and removal of phosphorous and nitrogen in wastewater biofilms
and activated sludge [8,11,12]. Understanding the fate and behaviour of ZnO-NPs once
they are released, transferred, or interact with certain environmental factors is critical for
evaluating their potential risks. Environmental factors, such as ionic strength, natural
organic substances, pH, light, and polymeric substances, can significantly influence the
colloidal stability and toxicity of ZnO-NPs [13,14]. For instance, the presence of hexabromo-
cyclododecane or polybrominated diphenyl ethers as organic pollutants in water systems
can alter the size and surface charge of ZnO-NPs [15,16]. Alterations in the surface po-
tential and dispersion of humic acid-adsorbed/coated ZnO-NPs in aquatic environments
have been reported [17]. Studies have also noted the unstable (aggregation) behaviour
of nanoparticles (such as ZnO-NPs) in salt water (high ionic strength) due to a reduction
in/compression of the thickness of the electrical double layer followed by a reduction in
the energy barrier [18-20]. Normally, organic contaminants tend to interact in water media
due to their hydrophobic nature, but they are more likely to interact and sorb onto the
surface of ZnO-NPs (due to their high surface area). The possible interactions include van
der Waals, electrostatic, hydrophobic, and 7t-7t interactions followed by ligand exchange,
hydrogen bonding, and molecular bridging effects [21-23]. These interactions can greatly
alter the fate and behaviour of contaminants through aggregation, dispersion, surface
charge alteration, surface coating/adsorption, and changes in crystallinity and purification.

Studies have also reported the interaction mechanisms of engineered nanoparticles
with endocrine disrupting chemicals, such as polybrominated diphenyl ethers [16,22,24,25]
and hexabromocyclododecane [15] as emerging environmental chemicals. Per- and polyflu-
oroalkyl substances (PFAS) are a class of endocrine disrupting compounds that may disrupt
human thyroid hormone systems with possible negative impacts on pregnancy followed
by fetal—child development [26]. The presence of such endocrine disrupting compounds
could also influence the behaviour of ZnO-NPs. This study examined the changes in the
behaviour of ZnO-NPs during interaction with PFOA, a representative PFAS, under various
environmentally relevant conditions in water media.

PFOA is largely used in water-resistant products, such as carpets, paints and coat-
ings, waterproof clothing, firefighting foams, nonstick cookware, and hydraulic fluids [27].
Concerns are rising regarding the release of PFOA into the environment due to its bioaccu-
mulative and toxic nature [27-29]. PFOA has been identified in the influent and effluent
of WWTPs and biosolids [29-31]. PFOA concentrations in influents of various WWTPs in
Canada, Spain, China, Singapore, and North America have been reported to range from
2.2ng/L to 6.6 x 10* ng/L, while they ranged from 1.3 ng/L to 1.6 x 10° ng/L in efflu-
ents [29]. Similarly, a range of concentrations of PFOA in the biosolids of many WWTPs
in North America, Switzerland, Spain, Australia, China, Kenya, Canada, Singapore, and
Finland has been documented, from 0.03 ng/g to 158 ng/g [29].

The national loads of PFOA in the effluents of 14 WWTPs in Australia were es-
timated to be 65 kg/year and 2 kg/year for biosolids [29]. Various drinking water
sources in many countries now contain PFOA [32], including Australia (0-9.7 ng/L), Brazil
(0.81-2.8 ng/L), India (<0.005-2 ng/L), China (<0.1-45.9 ng/L), Germany (<10-68 ng/L),
Japan (2.3-84 ng/L), and the USA (<5-30 ng/L). Several hundred nanograms per liter
of PFOA have been reported in surface waters [33]. Sediments and biota can also con-
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tain PFOA at concentrations ranging from pg/g to a few ng/g [32,34]. The maximum
concentrations of PFAS, including PFOA, in marine (onshore) waters have been detected
(up to 58 ng/L), while 0.11 ng/L PFOA have been found in offshore waters [32]. PFOA
concentrations ranging from 1 to 13 ng/L in Palermo’s (Sicily) coastline seawaters have
also been detected and reported [35].

The adsorption of PFOA may lead to an accumulation of organic compounds on the
surface of ZnO-NPs when these nanoparticles are released into natural waters (e.g., from
sunscreen). In this study, PFOA and its interactions with ZnO-NPs were investigated,
as well as the factors enabling these interactions. In particular, the physico-chemical
properties, colloidal stability, particle size and surface charge alterations of the ZnO-NPs
before and after interaction with PFOA under various simulated water conditions were
assessed, such as in the presence of electrolytes (sodium chloride, NaCl, and calcium
chloride, CaCl,) and HA. The concentration of PFOA in natural waters is much lower than
some of the concentrations considered in this study, which enabled characterization of the
changes in ZnO-NPs. The findings of this study will be useful for assessing the influence of
environmental water conditions on the exposure of ZnO-NPs and their co-contaminants.

2. Materials and Methods
2.1. Materials and Chemicals

The characteristics of the purchased ZnO-NPs, HA, and electrolytes have been re-
ported in our previous paper [19]. The ZnO-NPs < 100 nm particle size, 544906-50G, were
purchased from Sigma Aldrich Australia. The HA was purchased from Sigma Aldrich
(53680-50G, humic acid technical) Australia. Most of the nanoparticles were <100 nm in
size, and some were larger than 100 nm due to aggregation. PFOA was purchased from
Sigma-Aldrich (CgHF;50,, molecular weight: 414.07 g/mol, and purity: 96%), Australia,
and subjected to characterization for the purposes of this study.

2.2. Interaction between PFOA and ZnO-NPs

The ZnO-NPs stock suspension was prepared by adding 0.1 g of nanoparticles to
1 L of Milli-Q water, followed by sonication for 10 min. Various concentrations of PFOA,
from 0, 0.5, 1, 10, 50, 100, 200, and 500 pg/L to 1, 5, 10, and 50 mg/L, were prepared in
Milli-Q water containing the ZnO-NPs (0.1 g/L) suspension. The higher concentrations
of PFOA aimed to amplify the effects of interaction to be detectable by the Zetasizer and
particle size analyzer and help to understand the mechanism of interaction. Such alteration
effects are difficult to detect with PFOA at environmentally relevant concentrations due to
limitations in characterization techniques. The nanoparticles were analyzed (particle size,
zeta potential, dissolution, adsorption, XRD, Raman spectroscopy, FTIR, and TEM) before
and after interaction with PFOA in solution at various time intervals, such as after 1 day,
1 week, 2 weeks, and 3 weeks of interaction, to assess the changes in the behaviour of the
interacting nanoparticles in comparison with that of the pure nanoparticles.

2.3. Influence of Electrolytes on PFOA and ZnO-NPs’ Interaction

The influence of mono- and divalent electrolytes (such as NaCl and CaCl,) on the
behaviour of ZnO-NPs was observed in the presence of various concentrations of PFOA
(such as 10 pug/L and 500 pg/L) as an organic pollutant. The ZnO-NP stock suspension
was prepared by adding 0.1 g of nanoparticles to 1 L of Milli-Q water, followed by soni-
cation for 10 min. PFOA concentrations (10 and 500 ug/L) were also prepared in Milli-Q
water containing the ZnO-NPs (0.1 g/L) suspension. Fixed concentrations (i.e., 5 mM)
of monovalent and divalent salts (NaCl and CaCl,) were used to investigate the effect of
electrolytes on the stability of ZnO-NPs alone and in the presence of PFOA. The changes in
the particle size and zeta potential of ZnO-NPs after various time intervals, i.e., after 1 day,
1 week, 2 weeks, and 3 weeks of interaction, including PFOA adsorption on the surface
of ZnO-NPs in the presence of salts, are examined, which are presented and discussed in
Section 3.2.
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2.4. Influence of HA on PFOA and ZnO-NPs’ Interaction

The effect of HA, a natural organic substance, on the size and zeta potential of the
ZnO-NPs was investigated with and without 10 and 500 pg/L PFOA. The HA powder was
dissolved in 0.1 M NaOH solution to prepare the stock solution. Various concentrations
of HA with ZnO-NPs (0.1 g/L) suspensions in the absence and presence of PFOA were
prepared. Changes in the size, shape, and charge of nanoparticles with and without PFOA
and HA were investigated. The amount of PFOA adsorbed onto the surface of the ZnO-NPs
was also analyzed after 1 day and 2 weeks of interaction. The pH of all the samples was
maintained at 7 by using a buffer solution (thermos scientific buffer solution pH 7, USA)
composed of potassium dihydrogen phosphate. The prepared suspensions were analyzed
using a Malvern Panalytical Zetasizer, UK. A Zetasizer was used at room temperature
(i.e., 20 °C) using a disposable folded capillary cell. The nanoparticles in the suspension
were directly dropped onto TEM Cu grids to exam any morphological changes in the ZnO-
NPs (such as ZnO-NPs in water suspensions and in the presence of PFOA, HA) for TEM
analysis. ZnO-NPs were also obtained for FTIR, XRD, and Raman analysis by separating
them from the suspension using a high speed centrifuge.

2.5. Influence of Electrolytes and HA Together on PFOA and ZnO-NPs’ Interaction

The influence of HA and electrolytes together on the size and zeta potential of the ZnO-
NPs was investigated with and without 10 and 500 pg/L PFOA and fixed concentration
(5 mM) of various electrolytes (such as NaCl and CaCl,). Various concentrations of HA
with ZnO-NPs (0.1 g/L) suspensions in the absence and presence of PFOA and electrolytes
were prepared. Changes in the size, shape, and charge on the surface of nanoparticles
with and without PFOA, electrolytes, and HA were investigated. The amount of PFOA
adsorbed onto the surface of the ZnO-NPs was also analyzed after 1 day and 2 weeks of
interaction, with results discussed in Section 3.4.

2.6. Characterization Methods

FE-SEM (Zeiss Sigma VP Field Emission Scanning Electron Microscope, Germany)
was performed at 15 kV after sputter coating (10 nm platinum layer), and TEM (JEM
2100 LaB6 High Resolution Transmission Electron Microscope, Japan) was performed at
200 kV to investigate the morphology. Copper grids (Lacey carbon film, 300 mesh) for
TEM imaging were obtained from PST (ProSciTech), Australia. The micromeritics TriStar
II (Microtrac, USA) and an XRD system (Empyrean Malvern PANalytical, Malver, UK)
were used to calculate the nanoparticle surface area, pore size distribution, and phase-
dimensional identification. FTIR (Agilent Technologies, Cary 600 Series) was used to
determine the functional groups present before and after interactions (wavenumber range:
400—4000 cm ! and number of scans: 16). Raman spectra were recorded using a WiTec
confocal Raman microscope (Alpha 300 RS, Germany) equipped with a 532 nm laser diode
(<30 mW) under an objective lens (<100 or others) at room temperature.

A Malvern Panalytical Zetasizer was used to determine the changes in charge and
size of the ZnO-NPs alone and in the presence of PFOA, HA, and different electrolytes
in a pure water state (Milli-Q water). Disposable folded capillary zeta cells (DTS1070) for
dynamic light scattering were obtained from Malvern Instruments Ltd. in Malvern, UK.
An inductively coupled plasma/optical emission spectroscope (ICP-OES, PerkinElmer’s
NexION 350x) was used to determine the concentrations of dissolved zinc in the water
samples before and after interactions with PFOA. An Agilent liquid chromatography—mass
spectrometry (LC-MS) was employed to determine the adsorbed amount of PFOA before
and after interaction.

3. Results and Discussion
3.1. Interaction between PFOA and ZnO-NPs

Particle size: Alterations in the particle size and surface charge of the ZnO-NPs were
observed following interaction with various concentrations of PFOA. With the addition of
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various concentrations of PFOA to the ZnO-NPs (after 1 day of interaction), the particle
size of the ZnO-NPs at the peak of the particle size distribution curve (PSDC) remained
between 157 and 186 nm, and the particle size ranged from 106-955 nm (Figures 1a and Sla).
The slight variations in the particle size at the peak of the PSDC and within the particle
size ranges after 1 day of interaction may be due to less interaction time between the
nanoparticles and the organic compound (PFOA). It is suggested that interactions between
ZnO-NPs and PFOA as organic pollutants could be time-dependent after their coexistence
was ascertained.
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Figure 1. The analysis of particle size (a), zeta potential (b), and sorption of PFOA by ZnO-NPs (c),
after ZnO-NPs interaction with PFOA at different times. Zeta potential values are minus.

A significant increase in the particle size of the ZnO-NPs was observed after 1 week
of interaction with PFOA. The size of the ZnO-NPs at the peak of PSDC increased from
166 nm to 203 nm, and similar trends were observed in the presence of PFOA up to 50 ng/L
PFOA (Figures 1a and S1b). However, the size ranges of ZnO-NPs in the presence of PFOA
from 100 pg/L to 50 mg/L were not measurable via a Zetasizer, with a maximum size
ranging from 0.3 nm to 10 microns. It could be assumed that the size of the ZnO-NPs after
1 week of interaction with PFOA (from 100 pg/L to 50 mg/L) is more than 10 microns.
The alteration in the size distribution of the ZnO-NPs was influenced by the presence
of PFOA through aggregation and the magnitude of the surface coating/adsorption of
organic substances [14,22,36]. Overall, an increase in the particle size of the ZnO-NPs was
observed alone and in the presence of PFOA from 1 day to 3 weeks of interaction. This
increase might be due to the presence of large (agglomerated) and/or sedimenting particles
resulting from particle—particle interactions, electrostatic interactions, and hydrophobic
interactions. The ZnO-NPs were monodispersed (particles of uniform size) from the time
of the nanoparticle suspension preparation to a few days later. However, after 1 week
of interaction, nonuniform (polydisperse) behaviour of the nanoparticles was observed.
Overall, particles from 1 week to 3 weeks were found in their polydispersed form, which
was also reflected by their surface charge.

Zeta potential: The zeta potential (Figure 1b) of the ZnO-NPs did not significantly
change after 1 day of interaction with the addition of different concentrations of PFOA,
while a significant decreasing trend was observed for samples after 1 and 2 weeks of inter-
action. The alterations in the charge potentials suggested that PFOA coating/adsorption
on the surface of the ZnO-NPs decreased in the magnitude of surface charge values. The
zeta potential values also suggested that the ZnO-NPs became less stable in solution and
tended to agglomerate (increasing size, Figures 1la and S1b) with increasing concentra-
tions of PFOA. This aggregation might be attributed to the higher molecular weight and
greater surface coating of PFOA on the ZnO-NPs via hydrophobic and van der Waals
interactions [36-38]. The hydrophobic tail of PFOA has a decreased tendency to interact
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with water molecules, while the hydrophilicity and charged head of PFOA could lead to a
greater tendency to attach to the ZnO-NP surface. The aggregation suggested the unstable
nature of the ZnO-NPs after interactions with PFOA [15,16].

Adsorption: The adsorption analysis of PFOA in solution confirmed the interaction
between ZnO-NPs and PFOA after 1 day and 2 weeks of interaction. Figure 1c shows the
increased adsorption of PFOA molecules on the surface of the ZnO-NPs after 2 weeks of
interaction compared to after 1 day. Various interaction mechanisms could be involved in
the process of PFOA adsorbing onto the surface of ZnO-NPs, which increased with time. An
increase in the particle size and an overall decrease in the net charge potential of the surface
nanoparticles were observed (Figure 1a,b). Once the ZnO-NPs are in water, the formation
of hydroxide layers (Zn (OH)(+a q)) on the surface of the nanoparticles due to hydrolysis is
a common process, as water molecules can be adsorbed (both chemically and physically)
onto the surface of the particles [22,36,39]. This resulted in the formation of a quantity of
positive charges on the surface of the nanoparticles, attracting PFOA ™ molecules to adsorb
to the surface of the ZnO-NPs by electrostatic interactions. After that, the hydrophobic tail
of PFOA™ combined on the surface of the ZnO-NPs adsorbed the free PFOA™ molecule in
the solution by hydrophobic interactions (hydrophobic PFOA molecules tend to accumulate
more on the surface of the ZnO-NPs in aqueous media) [40] and further increased the
adsorption amount of PFOA after 2 weeks’ time interval compared to that after 1 day. This
can also be corroborated by the decreased surface charge of the ZnO-NPs and the increase
in particle size (Figure 1a,b).

Dissolution: The dissolution of ZnO-NPs in terms of dissolved zinc (mg/L) after 1 day
and 2 weeks of interaction with PFOA was determined via ICP-OES (Figure S3). The
concentration of dissolved zinc in the 0 pg/L sample (i.e., ZnO-NPs in buffered water)
slightly increased after 2 weeks of interaction compared to that in the 1 day interaction. The
dissolved zinc concentration increased in the presence of PFOA, which further decreased
after 2 weeks of interaction compared to that for 1 day. This could be due to the aggre-
gation/agglomeration and settlement of particles in the test tube, where coprecipitation
occurred and reduced the dissolved amount of zinc in solution. The dissolution rate is often
claimed to be directly proportional to the specific surface area of the material, meaning that
the smaller the particles are, the faster dissolution occurs [41]. Agglomeration has been pro-
posed as a rationale for slow dissolution [42]. Moreover, aggregation/agglomeration may
have resulted in decreased dissolution [42] as the particle size increased and the settlement
of particles at the bottom of the test tube was observed. The surface properties of ZnO are
quite complicated due to the presence of polar and nonpolar crystallographic planes [43].
The interaction of PFOA molecules with nonpolar planes leads to agglomeration and less
dissolution. A similar dissolution trend was observed in the presence of electrolytes and
HA, as shown in the next sections.

TEM, XRD, FTIR, and Raman analysis: Alterations in the morphology of ZnO-NPs
were observed after 1 day of interaction with PFOA using TEM (Figure 2a). The origi-
nal (virgin) ZnO-NPs (Figure 2a) were in an agglomerated /spongy form with a particle
size < 100 nm. Both rod and spherical morphologies were observed. The lattice pattern
and glittering spots/rings suggest the crystalline structure of the ZnO-NPs [15,44]. The
dissolved zinc concentrations in Milli-Q water at various pH values for the same batch of
ZnO-NPs were reported in our previous research [15], which indicated minimal dissolution
at pH > 7. The changes in crystallinity after the interaction of ZnO-NPs with water were
also examined using TEM analysis. TEM showed a diffraction pattern (Figure 2a) and
the crystalline/lattice arrangement of the original ZnO-NPs [15,44]. The mixture was
dull and cloudy after interacting with buffer containing Milli-Q water. A more disor-
dered /amorphous structure of the ZnO-NPs (Figure 2a) was observed after interaction
with PFOA. Similarly, compared with those of the pure powder, the diffuse and cloudy
bright spots (Figure 2a) represented the impure morphology of the ZnO-NPs after inter-
action with PFOA. The elemental composition obtained from TEM analysis is shown in
Figure S2a. The structural parameters, such as lattice spacing and the crystallite size of the
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ZnO-NPs after 1 day of interactions (ZnO-NPs in Milli-Q water and ZnO-NPs + 50 mg/L
PFOA) were also measured using TEM analysis (Figure S2b). Lattice spacing of 0.26 nm
was found in the lattice structure of ZnO-NPs. However, the crystallite size ranging from
4.29 nm to 8.39 nm were observed after 1 day of ZnO-NPs interactions with 50 mg/L PFOA

(Figure S2b).
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X-ray diffraction (XRD) analysis of powder ZnO-NPs and ZnO-NPs in buffered Milli-Q
water and with 50 mg/L PFOA after 1 day of interaction is shown in Figure 2b. Sharp peaks
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at 20 values of 31.84°, 34.6°, and 36.5° are observed for the ZnO-NPs, which represent the
(hexagonal wurtzite) crystal structure of the nanoparticles with three perfect alignments:
(100),(002), and (1 01). These alignments match the defined standard powder diffraction
(JCPDS, No. 36-1451) [22,45]. This result revealed no change in the crystal phase of the
ZnO-NPs after 1 day of interaction. However, after 3 weeks of interaction (Figure 2b), the
intensities of the peak alignments at (1 0 0), (00 2), and (1 0 1) were suppressed. Two new
peaks at 20 values of 9.62° and 19.35° were observed, which could be due to the formation
of new compounds, such as zinc hydroxide dihydrate Zns(OH);9-2H,O [46] and zinc
phosphate nanocrystalline materials [47], respectively. The intensities of the peaks at 20
values of 9.62° and 19.35° were lower for the ZnO-NP sample with 50 mg/L PFOA than
for the ZnO-NP sample in buffered water, which could be due to the coating of PFOA
molecules onto the surface of the ZnO-NPs (Figure 2b).

FTIR analyses of the ZnO-NPs, PFOA, and ZnO + PFOA were also conducted (Figure 2c).
The peak at 450 cm ™! suggested the presence of Zn-O [15,48], which is in the range of metal
oxides (400-600 cm 1) [15,49]. A very low-intensity peak at 450 cm ™! was also observed
for the sample of ZnO-NPs + PFOA after interaction, indicating the presence of ZnO-NPs
after interaction with PFOA molecules. The peak at 640 cm ! is due to characteristic bands
of organic halogen compounds (such as C-F stretching) [50], which were identified in both
PFOA and ZnO-NPs + PFOA after interacting with PFOA. The vibrational peaks at 1102,
1149, and 1204 cm~! may be due to C-F stretching, with the peak at 1102 cm~! being
identified in the spectrum of the ZnO-NPs after interaction with PFOA. C-H stretching,
O-H stretching, and C=0 stretching was also identified at 1369, 1461, and 1623 cm L
respectively [50,51]. These peaks were identified in both the PFOA and ZnO + PFOA
samples, indicating the link between PFOA and ZnO-NPs after their interaction. The peak
at2360 cm ™! could be due to carbon dioxide from the atmosphere. The peak at 3424 cm ™! is
due to stretching of the water band [15,50]. The peak detected between 750 and 1050 cml,
at 950 cm ™!, could be due to K-potassium and P-phosphorous (from a buffer solution used
to maintain pH 7) stretching with O and C in the ZnO-NPs after interaction with PFOA [50].
The FTIR results revealed the presence of bonds in the ZnO-NPs after interaction with
PFOA, suggesting that there was an association between PFOA and the ZnO-NPs. This
is consistent with the elemental analysis results indicating the presence of F and C in the
ZnO-NPs.

The Raman spectrum (Figure 2d) also confirmed the presence of ZnO-NPs (such as at
430 cm~!) in the pure ZnO-NPs samples in buffered water and in the presence of PFOA
after 1 day of interaction. After 3 weeks of interaction, new peaks at 587, 934, 992, and
1370 cm~! were observed for both samples (such as ZnO-NPs in water and with PFOA)
including ZnO-NPs with PFOA after 1 day of interaction (Figure 2d). Zn—O stretches fall
in the region between 350 and 600 cm~!. The spectral range of Zn—OH bonds (which are
also called OH linkages) is between 600 and 1200 cm ™. The asymmetric stretches (with a
high infrared intensity) are in the range 470—550 cm !, whereas the symmetric stretches
were observed at 368 and 382 cm ™! in the Raman spectrum. Bands below 350 cm ™!, as
observed in the Raman spectrum, are attributed to lower-energy lattice modes [46].

3.2. Influence of Electrolytes on PFOA and ZnO-NPs’ Interaction

The salinity of surface water and groundwater can vary considerably. Salinity is
one of the most significant abiotic factors affecting the growth, metabolism, immunity,
and survival of aquatic species in farming environments. Due to global climate change,
evaporation of seawater, variations in local rainfall, and the whereabouts of ocean currents,
environmental salinity in coastal areas alters frequently and violently. Under environmental
stresses, physiological mechanisms are adaptively modulated to sustain body homeostasis,
which can further impact the normal biological functions, comprising the immunity of the
aquatic species [52]. The presence of salts could influence the interaction between ZnO-NPs
and coexisting contaminants, which determines the environmental fate of ZnO-NPs. The
ionic strength, pH, and other organic materials present in the solution could influence
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the surface charge and stabilization of ZnO-NPs. Fixed concentrations (i.e., 5 mM) of
monovalent and divalent salts (NaCl and CaCl,) were used to investigate the effect of
electrolytes on the stability of ZnO-NPs alone and in the presence of PFOA. The changes in
the particle size and zeta potential of ZnO-NPs after various time intervals, i.e., after 1 day,
1 week, 2 weeks, and 3 weeks of interaction, are presented and discussed below.

Particle size: Alterations in the size of ZnO-NPs were observed alone (i.e., ZnO-NPs
in buffered Milli-Q water and PFOA) and in the presence of salts with PFOA after 1 day,
1 week, 2 weeks, and 3 weeks of interaction (Figures 3a and S4). The particle size of the
ZnO-NPs in buffered water increased after 1 week of interaction compared to that after
1 day, e.g., 162.4 nm after 1 day to 206 nm after 1 week of interaction; these findings are
consistent with the results shown in Figure 1a (166 nm after 1 day and 203 nm after 1 week
of interaction) and Figure Sla,b. Similarly, an increase in the size of the ZnO-NPs was
observed in the presence of 10 and 500 pg/L PFOA. A similar effect on the correlation
between particle size and the surface charge of ZnO-NPs was observed for some samples,
such as ZnO-NPs with 10 pg/L PFOA and ZnO-NPs with 500 pug/L PFOA (Figure 3a,b).
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Figure 3. Analysis of particle size (a) and zeta potential (b) for ZnO-NPs after interaction with PFOA
and electrolytes; analysis of PFOA sorption (c) and dissolved Zn (d) in the solution after interaction;
samples include: (i) ZnO-NPs; (i) ZnO-NPs in 10 pg/L PFOA; (iii) ZnO-NPs in 500 pg/L PFOA;
(iv) ZnO-NPs in 5 mM NaCl; (v) ZnO-NPs in 10 pg/L PFOA and 5 mM NaCl; (vi) ZnO-NPs in
500 png/L PFOA and 5 mM NaCl; (vii) ZnO-NPs in 5 mM CaCly; (viii) ZnO-NPs in 10 pg/L PFOA

and 5 mM CaCly; (ix) ZnO-NPs in 500 ug/L PFOA and 5 mM CaCl,. Zeta potential values are minus.

For instance, in Figure 1a, the size at the peak of the PSDC of ZnO-NPs with 10 pg/L
PFOA is 173 nm after 1 day and 298.5 nm after 1 week, with a surface charge of —45.4 mV
after 1 day and —1.9 mV after 1 week. The size of ZnO-NPs was also increased affecting the
surface charge of ZnO-NPs at the same concentration (Figure 3a,b); the larger the particle
size, the greater the decrease in the magnitude of the surface charge values and vice versa.
A similar observation (such as a drop in magnitude of surface change with the increase
in the particle size) with surface charge was observed for different batches of samples of
the same concentration (such as ZnO + 10 and 500 ug/L PFOA, Figures 1a,b and 3a,b).
After 2 and 3 weeks, the instability trend was similar, with the particle size being outside
the machine range. This result showed that, initially, the stability of ZnO-NPs could vary
based on Brownian motion (the random movement of particles due to bombardment by
the solvent molecules that surround them). Normally, dynamic light scattering involves
the measurement of particles suspended within a liquid and their shape. If the shape of a
particle changes in a way that affects the diffusion speed, then the hydrodynamic size and
surface charge may also change. This trend remained consistent with these concentrations
(such as ZnO + 10 and 500 pg/L PFOA) in the next sections.

An increase in the particle size with a decreased surface charge was also observed in
the presence of 5 mM NaCl with ZnO-NPs and with ZnO-NPs and PFOA after various
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time intervals (Figure 3a,b). The ions in the medium and the total ionic concentration
may affect the particle diffusion speed by altering the thickness of the electric double layer
(the Debye length, K~!). The resulting extended double layer of ions around the particles
due to electrostatic interactions leads to a reduction in the diffusion speed and results in a
larger, apparent hydrodynamic diameter. However, the presence of hydrophobic PFOA
molecules, which can accumulate more easily around the surface of nanoparticles due to
their hydrophobic nature than when suspended in water, may also alter the size and charge
of the nanoparticles.

Generally, the stability of nanoparticles in the presence of electrolytes strongly depends
on the capping agents used for stabilization [53,54]. Variations in the size of the ZnO-NPs
with the co-occurrence of PFOA and electrolytes could be linked to adsorption, electrostatic
interactions, hydrogen bonding, van der Waals effects, and cation bridging (Schematic 7).
For instance, in the case of 5 mM NaCl, few alterations in the particle size were observed at
the peak of the PSDC (Figure 3a). However, the presence of 5 mM monovalent salts (NaCl)
balanced the net electrostatic interactions between highly electronegative fluorine atoms
and salt due to charge screening/shielding effects and London interactions [54,55].

The influence of divalent cations on the size of ZnO-NPs was different in the presence
of PFOA. Alterations in the size and surface charge of the ZnO-NPs were observed by
interacting the ZnO-NPs with 5 mM CaCl, alone or in the presence of PFOA after 1 day,
1 week, 2 weeks, and 3 weeks of interaction (Figures 3 and S4). This increase in the size
of the ZnO-NPs could be due to the accumulation of divalent cations, which results in a
decrease in the diffusion speed and generation of larger particles compared to those of NaCl.
It could also be expected that in the presence of 5 mM CaCly, the electrostatic repulsion
between the negatively charged ZnO-NPs surface and PFOA molecules (which have a
negative charge due to the anionic nature and high electronegativity) was reduced because
of bridging interactions between the negatively charged surfaces of ZnO-NPs, divalent
cations, and PFOA molecules. Consequently, the gathering of positively charged divalent
cations enhanced the nanoparticle size due to bridging effects and made the nanoparticles
more unstable, leading to agglomeration.

Cations, such as Ca?*, could be the cause of the bridging phenomenon between
carboxyl groups. Consequently, the adsorption of PFOA may be hindered in certain
aqueous environments enriched with the aforementioned cations due to the decrease in
electrostatic interactions between PFOA and the protonated surface [56-58]. The same
behaviour was observed for the ZnO-NPs in the following experiments.

Zeta potential: The zeta potentials of the ZnO-NPs (0.1 g/L nanoparticle dispersion,
experimental batch one) were —47.2 and —35.7. —1.1, and —0.2 mV after 1 day, 1 week,
2 weeks, and 3 weeks of interaction, respectively (Figure 3b). The decrease in the surface
charge of the ZnO-NPs could be caused by the aggregation of nanoparticles resulting from
van der Waals forces, hydrogen bonding, and hydrophobic interactions based on the aging
factor. A similar decreasing trend in the magnitude of the surface charge was observed in
the presence of PFOA (Figure 3b). The presence of mono- and divalent salts also altered
the surface charge of the ZnO-NPs after various durations of interaction with PFOA.

The presence of 5 mM NaCl did not significantly change the zeta potential of the
nanoparticles after 1 day of interaction alone or in the presence of PFOA (Figure 3b). It could
be argued that the large extent of PFOA adsorption on the surface of nanoparticles balanced
the overall electrostatic interaction forces between PFOA molecules and the monovalent
salts based on shielding effects and London interactions [54,55]. However, the surface
charge of the ZnO-NPs (in the presence of 5 mM NaCl) decreased to —0.5 mV after 3 weeks
of interaction. This may indicate that aging affects the surface charge of nanoparticles,
allowing more attachment of monovalent cations to the negatively charged surface of
ZnO-NPs via electrostatic forces of attraction and van der Waals interactions. However,
the same decreasing trend after various numbers of interactions was also observed in the
presence of PFOA molecules (Figure 3b).
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Similarly, a decrease in the magnitude of the zeta potential of the ZnO-NPs was
observed in the presence of divalent cations (5 mM CaCly) alone and in the presence of
5 mM CaCl, at various concentrations (such as 10 and 500 ug/L) of PFOA (Figure 3b).
The electrostatic repulsion between the ZnO-NP (negatively charged) surface and PFOA
molecules was reduced in the presence of 5 mM CaCl,. The gathering of positively charged
ions on the surface was responsible for the decrease in zeta potential (less negative zeta
potential) (Figure 3b), which increased the particle size due to bridging effects and increased
instability, leading to agglomeration (Figures 3a and S4). The aggregation behaviour of
ZnO-NPs in the presence of salts suggested that aging during the interaction of ZnO-NPs
with salts affects the particle diffusion speed by changing the thickness of the Debye length
due to the gathering of ions, resulting in agglomeration alone and in the presence of
organic pollutants.

Adsorption: PFOA was analyzed to investigate the effects of salts (such as 5 mM NaCl
and 5 mM CaCl,) on the adsorption (interaction) of PFOA (10 and 500 pg/L) on ZnO-NPs
after 1 day and 2 weeks of interaction (Figure 3c). Increased adsorption (interaction) of
PFOA molecules was identified with increasing concentration and interaction time (more
sorption after 2 weeks than after 1 day). A similar trend with increased adsorption of PFOA
was observed in the presence of 5 mM NaCl. A possible explanation for this result could
be that the increase in the ionic strength of monovalent ions (Na*) due to NaCl caused an
increase in electrostatic attraction between the negatively charged ZnO-NP surface and
the negatively charged PFOA molecules due to the presence of monovalent ions (Na*)
in between serving as a bridging carrier to support bridging interactions. However, less
adsorption of PFOA on ZnO-NPs was observed with a 5 mM CaCl, concentration in the
solution for both time intervals. Both CaCl, and NaCl affected the adsorption of PFOA
on ZnO-NPs, potentially due to the electrostatic force of attraction. However, in the case
of CaCl,, the bridging effect of divalent (Ca®*) cations between ZnO-NPs and PFOA may
further lead to a reduction in PFOA adsorption on the ZnO-NPs [57,59]. This finding is
consistent with one study showing that the adsorption of PFOA decreases with increasing
ionic strength [57].

Dissolution: The dissolved zinc (mg/L) in the ZnO-NPs in buffered water and after
the interaction of PFOA with the ZnO-NPs in the presence of salts (such as 5 mM NaCl
and 5 mM CaCl,) were measured using ICP-OES (Figure 3d). The particle size increased
due to agglomeration and sedimentation after several weeks of interaction, decreasing the
specific surface area and resulting in restrained dissolution. However, in the case of CaCl,,
less dissolution was measured than in all the other samples, which may be related to more
agglomeration due to the bridging effect of Ca?*. The smaller the size of the ZnO-NPs, the
more easily dissolution occurred compared to the dissolution of larger particles [18]. The
attachment and penetration of nanoparticles inside the pores of low-density polyethylene
tubes cannot be ignored.

3.3. Influence of HA on PFOA and ZnO-NPs’ Interaction

Particle size: The sizes of the ZnO-NDPs in buffered water, treated with various concen-
trations of PFOA (such as 10 or 500 pg/L), treated with various concentrations of HA (1,
5, or 10 mg/L), and mixed with each of the other substances, were analyzed after 1 day,
1 week, 2 weeks, and 3 weeks of interaction at pH 7 (Figures 4a and S5). Overall, an increase
in the particle size of the ZnO-NPs was observed alone and in the presence of PFOA
from 1 day to 3 weeks of interaction. This increase might be due to the presence of large
(agglomerated) and/or sedimenting particles resulting from particle-particle interactions,
electrostatic interactions, and hydrophobic interactions. The ZnO-NPs were monodispersed
(particles of uniform size) from the time of nanoparticle suspension preparation to a few
days. However, after 1 week of interaction, nonuniform (polydisperse) behaviour of the
nanoparticles was observed. Overall, particles with sizes ranging from 1 week to 3 weeks
were obtained in their polydispersed form, which was also reflected by their surface charge
(Figure 4b).
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Figure 4. The analysis for ZnO-NPs after interaction with PFOA and HA; particle size (a), zeta
potential (b), and TEM (c); samples include: ZnO-NPs (i), ZnO-NPs in 10 pg/L PFOA (ii) and
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The size and distribution range of the ZnO-NPs in the presence of 1, 5 and 10 mg/L
HA decreased after 1 week of interaction compared to after 1 day (Figures 4a and S5).
However, after 2 and 3 weeks of interaction, the samples might be very polydispersed, and
the particle size was not suitable for measurement by a dynamic light scattering analyzer
(a scattered fraction of the samples was observed). Similar behaviour of the ZnO-NPs was
observed in the presence of various concentrations of PFOA (i.e., 10 and 500 pg/L) with
HA (Figures 4a and S5). It is quite possible that HA (a large aliphatic network of carbon
molecules) capped the effective edges of the nanoparticles, which ultimately caused their
dispersion.

The presence of both PFOA and HA altered the size of the ZnO-NPs differently than
the presence of individual PFOA or HA. Figures 4a and S5 illustrate the size of the ZnO-NPs
at the peak of the particle size distribution curve (PSDC (d, nm)) in the presence of various
concentrations of HA and PFOA after various durations of interaction. The particle size
and range of the ZnO-NPs increased (agglomerated particles) alone and in the presence of
PFOA and decreased (polydispersed) at various concentrations (1, 5, and 10 mg/L) of HA.
This dispersion behaviour of the ZnO-NPs may be associated with the presence of organic
acids (i.e., HA), which may impact engineered ZnO-NPs by reducing their aggregation
behaviour [19,60].

The number of specific affinity sites and the affinity coefficient of specific sites for
organic pollutants are deemed to be the main influential parameters on the adsorbent
capacity to deal with pollutants. Enhanced nanoparticle (ZnO) stability in suspension
media by adsorbed dissolved organic matter can increase the total number of specific
affinity sites, which supports the adsorption of organic pollutants (PFOA) on the surface of
dissolved organic materials rather than on the nanoparticle surface. Simultaneously, the
adsorbed organic matter may also produce new affinity sites and/or block the nanoparticle
affinity sites to alter their capacity to adsorb pollutants. Dissolved organic matter, which is
not adsorbed by nanoparticles, may also first adsorb pollutants and, second, curtail further
adsorption of pollutants on the nanoparticle surface [15,38].

Zeta potential: The zeta potentials of the ZnO-NPs in buffered water, with PFOA, and
with 1, 5, and 10 mg/L HA were measured after 1 day, 1, 2, and 3 weeks of interaction,
respectively (Figure 4b). The magnitude of the surface charge of the ZnO-NPs alone and in
the presence of PFOA decreased (from 1 day to 3 weeks) from —47.7 to —3.0 mV for the
ZnO-NPs, from —48.6 to —3.1 mV for the ZnO-NPs with 10 ng/L PFOA, and from —47.9
to —3.5 mV for the ZnO-NPs with 500 pg/L PFOA. This behaviour confirmed the increase
in the size of the nanoparticles due to agglomeration/sedimentation, which resulted in
a reduced net charge (less negative) on the surface of the nanoparticles. However, the
presence of HA decreased the magnitude of the change in the surface charge of the ZnO-NPs
compared to that of the non-HA-containing samples. However, a high concentration of HA
remained dominant in restraining the decrease in the magnitude of the zeta potential of the
samples compared to that of lower HA concentrations (such as 1 mg/L HA) (Figure 4b) [18].

The aforementioned electrical potential data revealed that the aggregation behaviour
of the pure ZnO-NPs in aqueous systems could be due to electrostatic interactions, van der
Waals forces, and hydrophobic interactions. The environmental aging of nanoparticles alone
and in the presence of organic pollutants, such as PFOA, could decrease the surface charge
of the nanoparticles, increasing their sedimentation in environmental waters by decreasing
their stability in aqueous systems. The presence of HA altered the surface charge in the
reverse pattern compared to that of pure ZnO-NPs with and without the presence of PFOA.
The HA substances covered the surface/effective sites of the nanoparticles because of their
high aliphatic carbon content, which resulted in the least possibility of PFOA adsorbing on
the nanoparticle surfaces. This also leads to the dispersion of the nanoparticles.

Adsorption: The PFOA in solution was measured to examine the sorption of PFOA
with the ZnO-NPs alone and in the presence of various concentrations of HA after two weeks
of interaction (Figure S6). An increase in the amount of adsorbed PFOA (10 and 500 ug/L)
was calculated for ZnO NPs without HA after 2 weeks of interaction. However, the adsorp-
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tion of PFOA decreased with the addition of high HA concentrations (such as from 1 to
5and 10 mg/L HA). Dissolved humic acids can foul the adsorption of organic chemicals
to microporous activated carbon through direct competition for adsorption sites and pore
blockage [61].

Perfluoroalkyl acids, such as PFOA, contain a negatively charged hydrophilic head
group and a hydrophobic-oleophobic perfluoroalkyl chain. Accordingly, a variety of
mechanisms might be involved in the adsorption of PFOA in response to the surface
properties (such as the charge and hydrophobicity) of adsorbents. The surface of HA is
dominated by graphitic carbons, which are highly hydrophobic and have large electronic
polarizability. Adsorption of PFOA molecules to HA is expected to be driven mainly
by hydrophobic effects, which are combinations of entropic gradients and van der Waals
(mainly dispersion) interactions between the adsorbate and adsorbent, whereas electrostatic
forces play only a minimal role here. The low adsorption affinity of high concentrations
of HA for PFOA is likely due to the low electronic polarizability of these molecules, thus
decreasing potential van der Waals interactions despite the large electronic polarizability of
graphitic carbons [62].

It could also be assumed that the highly aliphatic structure of HA dispersed the
ZnO NPs, providing fewer active sites for the attachment of PFOA molecules. This also
supported the results obtained (such as decreased zeta potential values for ZnO NPs
alone and in the presence of 10 and 500 pg/L PFOA compared to samples with HA) in
Figures 4a,b and Sé.

Dissolution: The dissolution of ZnO-NPs alone or in the presence of various concen-
trations of HA was observed in Milli-Q water at pH 7 controlled by using buffer solution
(Figure S7). The presence of zinc in its dissolved or ionic form is potentially toxic to mi-
croorganisms, such as microflora [63,64]. The dissolution of ZnO-NPs can be influenced by
the presence of other compounds in water [65], such as HA. The dissolved zinc concentra-
tion (mg/L) from ZnO-NPs alone or from ZnO-NPs combined with PFOA was calculated
with the addition of various concentrations of HA in this study (Figure S7). After 1 day
of interaction, the dissolved zinc concentration was greater in the presence of various
concentrations of HA than in the absence of HA, and this trend was observed even after
1 week of interaction. It could be assumed that HA dispersed the nanoparticles after a long
interaction time (such as 2-3 weeks), decreasing this dispersion effect by dominating the
electrostatic forces, van der Waals forces, and hydrophobic interactions. This could also
be caused by complexation (for zinc ions) with anionic HA followed by its large complex
structure. Therefore, our findings are the same as those hypothesized by [63], i.e., that HA
binds zinc ions.

TEM and XRD analysis: The samples from ZnO-NPs alone or in the presence of PFOA
or HA were analyzed using TEM morphology and elemental mapping after immediate
preparation (such as after 0 h of interaction) and after 1 day of interaction (Figure 4c).
ZnO-NPs were more aggregated after 1 day of interaction than after 0 h, which is consistent
with previous findings (Figure 1a). TEM revealed an increase in the size of the ZnO-NPs
in the presence of 10 mg/L PFOA (only this concentration was selected for TEM analysis
to confirm the presence PFOA, such as fluorine in mapping) after 1 day of interaction
compared to 0 h. Elemental mapping further confirmed the presence of Zn, O, F, P, and
K (Figure S8). The dispersion patterns of ZnO-NPs, alone and in the presence of PFOA,
due to the presence of highly aliphatic and complex structures of HA, can be observed
(Figure 4c) when comparing images from 0 h and 1 day. The SAED images did indicate
less crystallinity on the nanoparticles after 1 day of interaction, which matches the results
obtained from the zeta analysis. Elemental mapping further confirmed the presence of
the expected elements. Figure S8 shows the elemental composition comparisons of the
ZnO-NPs with contaminants at different intervals.

Post-photocatalysis characterization, namely XRD (Figure S8b), of ZnO-NPs, HA,
and ZnO-NPs with and without the presence of 10 mg/L PFOA and 10 mg/L HA was
performed to further examine the impact of PFOA and HA on the crystallinity and purity
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of ZnO-NPs. It was observed that there was no change in the crystal phase of the ZnO-
NPs after 1 day of interaction. However, after 1 week of interaction (Figure S8b), the
intensities of the peak alignments at (1 0 0), (0 0 2), and (1 0 1) were suppressed. Four new
peaks at 20 values of 9.68° and 19.36°, 22.58°, and 25.6° were observed, indicating signs of
alterations into the crystallinity and purity of the ZnO-NPs influence by the adsorption of
co-contaminants and aging factors.

3.4. Influence of Electrolytes and HA Together on PEOA and ZnO-NPs’ Interaction

A mixture of salts and dissolved organic matter could influence the particle size and
surface charge differently, which was investigated and explained in this section (Figure 5).
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Particle size: The sizes of the ZnO-NPs at the peak of PSDC (d, nm) without and
with the presence of PFOA and with 5 mM concentrations of monovalent and divalent
electrolytes and various concentrations of HA after 1 day, 1 week, 2 weeks, and 3 weeks of
interaction are illustrated (Figures 5 and S9). With the increasing size of ZnO-NPs alone
or with PFOA and the addition of 5 mM concentrations of monovalent salt (NaCl) and
divalent CaCly, the size of the ZnO-NPs increased as the interaction time increased, such as
from 1 day to 1 week. The size was out of the machine range (range: 0.3-1.0 x 10* nm) after
1 week due to the aggregation of nanoparticles, and only a few fragments were measured
after 1 week of interaction. It is assumed that the particle size at the peak of the PSDC
would be larger than 10,000 nm. In the presence of HA, initial dispersion was observed
with increasing HA concentration in the presence of salts and PFOA; however, after a few
weeks, the same behaviour of aggregation/agglomeration/sedimentation was observed,
with the particle size being nonuniform and not measurable, while there was a decreasing
zeta potential.

These findings revealed that the influence of humic substances on the interactions
between PFOA and ZnO-NPs is somewhat complicated, especially when electrolytes are
present. Counteractions for PFOA between HA and ZnO-NPs could reduce the effective

46



Toxics 2024, 12, 602

interactions of ZnO-NPs by decreasing the amount of PFOA available for sorption. More-
over, natural organic matter can cover the surface of nanoparticles and thereby reduce their
affinity for organic pollutants [38,57,66].

Zeta potential: A decrease in the magnitude of the surface charge of ZnO NPs alone
or in the presence of PFOA or salt was observed after 1 day to 3 weeks of interaction, as
shown in Figure 5b. This indicated that the ZnO-NPs exhibited a similar agglomeration
(size increase) behaviour (Figure 5) with a diminished surface charge, as described in the
aforementioned sections. The addition of various concentrations of HA in the presence of
PFOA did not significantly change the zeta potential compared to that of samples with HA.
This confirms that interactions between HA molecules (the dispersion of HA-coated ZnO-
NPs) are more dominant at high concentrations (such as 10 mg/L HA) than the electrostatic
interactions between negatively charged nanoparticles surrounded by monovalent cations
(Na™). Conversely, divalent cations interacted more strongly with negative surface charges,
and the overall zeta potential decreased in magnitude in the presence of both divalent
cations (Ca2*) (Figure 5b). However, the dispersion effect of HA on ZnO-NPs was also
observed when PFOA and divalent electrolyte (CaCl,) salts were present (Figure 5b), as
noted in the findings. It could be inferred that salinity and natural organic substances
play significant roles in the transport of ZnO-NPs and their associated organic pollutants
(PFOA) from fresh water to the ocean, especially in estuary regions.

Adsorption: Adsorption of PFOA was examined for ZnO-NPs alone or in the presence
of various concentrations of HA in the presence of 5 mM NaCl and CaCl, after two weeks of
interaction (Table S1). An increase in the amount of adsorbed PFOA (10 and 500 ng/L) was
calculated for ZnO NPs without HA after 2 weeks of interaction. However, the adsorption
of PFOA decreased with the addition of high HA concentrations (such as 1 and 10 mg/L
HA) (Table S1). It could be assumed that the highly aliphatic structure of HA dispersed the
ZnO NPs, providing fewer active sites for the attachment of PFOA molecules. This result
also supported the results obtained, i.e., decreased zeta potential values for ZnO NPs alone
and in the presence of 10 and 500 pug/L PFOA compared to samples with HA in Figure 5b.

Dissolution: The dissolved zinc concentration (mg/L) from ZnO-NPs alone, with
PFOA and salts, and with the addition of various concentrations of HA, was measured
in this study (Figure 5c). After 1 day of interaction, the dissolved zinc concentration was
greater in the presence of various concentrations of HA than in the absence of HA. It could
be assumed that HA dispersed the nanoparticles; however, after a long interaction time
(such as 1, 2, or 3 weeks), the dispersion effect decreased due to the dominant electrostatic
forces, van der Waals forces, and hydrophobic interactions.

TEM analysis: The morphological behaviour of ZnO-NPs with PFOA, HA, and CaCl,
after 0 h and 1 day intervals was examined via TEM (Figure S510). The particles were
aggregated after 0 h in the presence of 5 mM CaCl,. However, after 1 day of interaction,
shaded (due to CaCl,) and dispersed (due to HA) patterns of the nanoparticles can be
observed. The bright diffraction signals are due to the crystalline ZnO-NPs, including
the presence of CaCl, crystals. To examine the morphological changes associated with
high concentrations of CaCl,, 10 mM CaCl; (after 0 h of interaction) was added, which
generated clusters/agglomerates. However, after 1 day of interaction, the nanoparticles
were dispersed by coating them with large HA molecules (Figure S10d).

FTIR: The interactions of ZnO-NPs with PFOA in the presence of HA and electrolytes
were investigated via FTIR analysis (Figure 6). The metal oxide (ZnO) absorbance ranged
from 600 to 400 cm ! [15,49,67], which indicated the presence of interacting ZnO-NPs. This
difference was detected in all the samples, while the intensity of the absorbance peak depth
and location varied. Peaks at 1800 and 600 cm~! represent carboxylate functional groups
and C—F [51], C—C, and C—H stretching, respectively [50]. In particular, the vibrational
peak at approximately 1102 cm~! appeared in all samples with PFOA, representing the
presence of C-F stretching bonds. This indicated the interaction between PFOA and the
ZnO-NPs. The absorbance at 1645 cm ™! is due to H—O—H bending. The infrared band at
1010 cm ! in all the examples except for ZnO-NPs and ZnO + PFOA is due to the stretching
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of N-H bonds [50] present in an organic compound, such as HA. The peaks between 1050
and 750 cm~! could be due to K-potassium and P-phosphorous (from a buffer solution
used to maintain pH 7) stretching with O and C. The absorbance at 3490 cm ! is due to O-H
stretching [50]. The peaks at approximately 933 and 871 cm ™! could be due to triatomic
inorganic molecules (calcium chlorine), while 670 cm~! could be due to CO, from the
atmosphere [50].
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Figure 6. FTIR analysis of interactions between ZnO-NPs and PFOA in the presence of HA and
electrolytes.

3.5. Interaction Scheme

A schematic diagram illustrating the interaction mechanisms is shown in Figure 7,
depicting the proposed interactions between ZnO-NPs and PFOA and HA in the absence
and presence of cations in simulated waters under controlled laboratory conditions. ZnO-
NPs tend to aggregate in aqueous media (0.1 g/L) due to van der Waals and hydrophobic
interactions surrounded by hydrogen bonding between water molecules (Figures 1 and 7).
The hydrophobic molecules of PFOA could be comparatively easily adsorbed on the porous
surface of the ZnO-NPs, which subsequently enhanced the size of the nanoparticles through
electrostatic interactions, hydrogen bonding and van der Waals interactions. Specific surface
area and surface morphology of the ZnO-NPs are key factors that impact the interaction
mechanisms between ZnO-NPs and PFOA. The roughness, specific surface area, porosity,
and shape and size of ZnO-NPs may significantly affect the interactions of PFOA molecules
with ZnO-NPs. For instance, porous surfaces with more irregularly sized crystal structures,
may provide more active sites for the sorption of PFOA molecules. The surface energy
of ZnO-NPs is also associated with their surface morphology. The higher the surface
energy, the stronger the interactions with PFOA molecules, leading to more adsorption.
However, both the specific surface area and surface morphology of the ZnO-NPs influence
the interaction mechanisms (such as adsorption) of PFOA onto ZnO NPs. Van der Waals
and hydrophobic interactions may cause the nanoparticles to agglomerate. The coexistence
of electrolytes in water systems can screen the charge on the surface of nanoparticles by
counter ions and consequently make them unstable at high salt concentrations, in addition
to agglomerating. The electrical potential of the ZnO-NPs was changed by varying the type
of electrolyte used during the reaction. The type of electrolyte affects the alterations in the
surface charge of the ZnO-NPs differently. The aggregation of ZnO-NPs in the presence of
monovalent and divalent electrolytes is influenced by the surface charge via electrostatic
interactions. Furthermore, cation bridging and ligand binding could also be considered.
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Figure 7. Possible potential interaction mechanisms between ZnO-NPs (size < 100 nm) and PFOA in
the presence of key factors (e.g., natural organic substances and electrolytes). The + and — symbols
represent positive and negative charges respectively.

The addition of HA dispersed the ZnO-NPs by coating them (due to their large
molecules), which meant that the ZnO-NPs had the least opportunity to attach to other
contaminants. The presence of salts promoted electrostatic interactions and bridging effects
as well. Moreover, the presence of PFOA, HA, and salts influenced the surface charge
by adsorbing on the active surfaces, covering the surface made possible by the complex
and large structure of HA molecules and dispersing nanoparticles and cation bridging,
respectively. These factors could lead to alterations in the particle size and morphology of
the ZnO-NPs. In summary, once ZnO-NPs are released in ecosystems containing various
types of organic and inorganic pollutants, humic substances, and electrolytes, alterations
in the parental nanoparticles can be expected. This is in terms of their agglomeration
state, crystallinity morphology, purity, size, and surface chemistry. Comparison between
this study with previous studies for the responsible interaction mechanisms are tabulated
(Table S2).

4. Conclusions

This study revealed that the size, shape, crystallinity, surface charge, and morphology
of the ZnO-NPs were altered after they interacted with PFOA, coexisting HA, and salts
for various durations as aging factors under controlled pH (i.e., pH 7) in simulated water
systems. Due to its large complex structure, humic acid behaves as a dispersant by covering
ZnO-NPs and leaving the least opportunity for other compounds to adsorb. Variations in
the size, shape, and surface charge due to aging of the ZnO-NPs could also be key factors
in their fate and behaviour in combination with other environmental factors. PFOA-sorbed
ZnO-NPs may slowly sink and reach sediments in the form of agglomerates in the presence
of other substances in water media, such as altered /toxic substances. In addition to this, a
toxicity study is recommended in future to determine the toxic impacts of PFOA-adsorbed
ZnO-NPs on the living organisms.

Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/toxics12080602/s1, Figure S1: Particle size distribution of ZnO-NPs
after 1 day (a) and 1 week (b) of interaction with PFOA; ZnO-NPs 0.1 g/L, pH 7; Figure S2a: TEM
elemental analysis of ZnO-NPs with PFOA after 1 day of interaction; Figure S2b: TEM analysis (lattice
spacing, crystallite size) of ZnO-NPs with PFOA after 1 day of interaction; Figure S3: Concentration
of dissolved zinc at pH 7 after 1 day and 2 weeks of interaction; Figure S4: Particle size distribution of
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ZnO-NPs after 1 day (a) and 1 week (b) of interaction with PFOA in the presence of electrolytes at pH 7
and room temperature (i.e., 20 °C); Figure S5: Particle size distribution of ZnO-NPs after 1 day (a) and
1 week (b) of interaction in the presence of various concentrations of PFOA and HA at pH 7 and room
temperature (i.e., 20 °C); Figure S6: Adsorption of PFOA on the surface of ZnO-NPs after 2 weeks of
interaction in the presence of various concentrations of PFOA and HA; Figure S7: Dissolved zinc
(mg/L) at pH 7 after 1 day, 1 week, 2 weeks, and 3 weeks of interaction with various concentrations of
PFOA and HA; Figure S8a: Elemental composition comparisons of the ZnO-NPs with contaminants;
Figure S8b: XRD analysis of ZnO-NPs powder, HA powder, ZnO-NPs with and without interactions
of 10 mg/L PFOA and 10 mg/L HA after 1 day and 1 weeks of interactions; Figure S9: Particle size
distribution of ZnO-NPs after 1 day (a) and 1 week (b) of interaction with PFOA in the presence of
electrolytes and HA at pH 7 and room temperature (i.e., 20 °C); Figure S10: TEM images of ZnO NP
under various concentrations of CaCl, after 0 h and 24 h of interaction in solution (drops taken on
a TEM grid from solution); ZnO, 10 mg/L PFOA, 10 mg/L HA, 5 mM CaCl; (a,b); ZnO, 10 mg/L
PFOA, 10 mg/L HA, and 10 mM CaCl, (c,d); Table S1: Adsorption of PFOA on ZnO NPs (mg/g)
in the presence of electrolytes and various concentrations of HA; Table S2: Interaction mechanisms
of engineered nanoparticles with organic substances. References [15,22,24,25,68] are cited in the
supplementary materials.
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Abstract: Estrogens in river systems can significantly impact aquatic ecosystems. This study aimed
to investigate the multiphase partitioning of estrogens in Wulo Creek, Taiwan, which receives animal
feedlot wastewater, to understand their distribution and potential environmental implications. Water
samples were separated into suspended particulate matter (SPM), colloidal, and soluble phases
using centrifugation and cross-flow ultrafiltration. Concentrations of estrone (E1), 173-estradiol
(E2), and estriol (E3) in each phase were analyzed using LC/MS/MS. Partition coefficients were
calculated to assess estrogen distribution among phases. Estrogens were predominantly found in
the soluble phase (85.8-87.3%). The risk assessment of estrogen equivalent (EEQ) values suggests
that estrogen concentration in water poses a higher risk compared to SPM, with a majority of the
samples indicating a high risk to aquatic organisms. The colloidal phase contained 12.7-14.2%
of estrogens. The log Kcoc values (4.72-4.77 L /kg-C) were significantly higher than the log Koc
and log Kpoc values (2.02-3.40 L/kg-C) for all estrogens. Colloids play a critical role in estrogen
distribution in river systems, potentially influencing their fate, transport, and biotoxicity. This finding
highlights the importance of considering colloidal interactions in assessing estrogen behavior in

aquatic environments.

Keywords: multiphase partitioning; estrogens; suspended particulate matter (SPM); colloid; soluble

1. Introduction

With the rapid development of industrialization and urbanization, the presence and
distribution of endocrine-disrupting substances in aquatic environments have become
a global environmental issue [1-4]. Studies have shown that natural estrogens, such as
estrone (E1), 173-estradiol (E2), and estriol (E3), even at extremely low concentrations (in
the ng/L range) [1,5-7], can have serious effects on the reproductive systems of aquatic
organisms, such as gender ratio imbalance and reduced reproductive capacity [5,6,8,9].

The main sources of natural estrogens are human and animal excreta [1,2,5,10,11],
sewage discharges from livestock facilities, and agricultural fertilization, which are the pri-
mary pathways for estrogen entry into water bodies [12-17]. The distribution of estrogens
in water bodies poses a potential threat to ecological safety. Animal excreta may account
for 50% to 90% of natural estrogens in the environment [1,18-21].

The distribution of natural estrogens in aquatic environments is not limited to the
dissolved phase; they also interact with suspended particulate matter (SPM), colloids, and
sediments [6,22-26]. The distribution between these different phases affects the migration,
transformation, and fate of estrogens, further impacting the quality of benthic organisms
and sediments [22,27-30]. For example, colloidal particles have a strong adsorption ca-
pacity for estrogens due to their high specific surface area and abundant organic carbon
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content, affecting their bioavailability and toxicity [6,22,27,30,31]. Colloids can transport
estrogens over long distances, thus affecting the quality of water bodies far from pollution
sources [29,32]. Additionally, estrogens in the dissolved phase are more readily absorbed
by aquatic organisms, increasing their toxicity risk [6,31].

Although studies have investigated the concentration and distribution of estrogens in
water bodies, most have focused on the dissolved and particulate phases such as sediment
and SPM, with relatively fewer studies on the colloid phase [6,28,30,33]. Furthermore,
colloids of different origins and properties exhibit significant differences in their adsorption
capacity for estrogens, making a comprehensive assessment of the multiphase distribution
of estrogens in aquatic environments more complex [6,23,28,29,34].

Studies indicate that colloids are pivotal in the distribution of estrogens in aquatic
environments. According to Huang et al. [31], the proportion of estrogens (E1, E2, and
E3) in SPM fluctuates between 0 and 19.8%, 0 and 18.9%, and 0 and 6.9%, respectively.
Conversely, in the colloid phase, estrogen percentages range from 14.6% to 35.5% for E1,
7.1% to 39.5% for E2, and 19.3% to 46.4% for E3. These findings underscore a notable
presence of estrogens in colloids compared to SPM, illustrating the crucial role of colloids
in the aquatic transport and behavior of estrogens.

Additionally, research reveals significant variations in the binding or partitioning
coefficients of estrogens between distinct phases, namely SPM and the liquid phase (Koc),
SPM and the dissolved phase (Kppoc), and colloid and the dissolved phase (Kcoc). Huang
et al. [31] documented average log Koc, log Kpoc, and log Kcoc values for E1, E2, and E3,
demonstrating the differential affinities estrogens exhibit towards diverse phases. Similarly,
Nie et al. [29] provided comparative log Koc, log Kpoc, and log Kcoc values for these
estrogens, highlighting distinct partitioning behaviors in aquatic environments.

Crucially, Kcoc values were found to be one to three orders of magnitude higher than
Koc and Kpoc, suggesting that colloids possess a considerably higher affinity for estrogens
compared to suspended particulate matter. These partition coefficients” variability is signif-
icantly influenced by the source of emissions and the physicochemical characteristics of
both colloids and SPM in aquatic systems. These insights point to the necessity of incorpo-
rating colloids into assessments of estrogen distribution and environmental behavior in
water bodies.

Despite existing research indicating the multiphase distribution characteristics of natu-
ral estrogens in aquatic environments [29,31,34], there are still challenges and shortcomings
in current research. The multiphase distribution characteristics of estrogens under different
environmental conditions are not fully understood [6,29]. A thorough investigation of the
multiphase distribution of natural estrogens in aquatic environments will help reveal their
environmental behavior and fate, understand the distribution and transformation patterns
of estrogens between different phases, and provide a scientific basis for pollution control
and remediation [6,28,34].

This study seeks to examine the distribution of natural estrogens in a river that receives
significant wastewater discharges from animal husbandry. The specific objectives are as
follows: 1. Quantify the concentrations of estrone (E1), 173-estradiol (E2), and estriol (E3)
in SPM, filtrate, colloidal, and soluble phases. 2. Determine the partition coefficients (Koc,
Kpoc, Kcoc) of these estrogens among different phases. 3. Assess the risk of estrogen in
water and SPM. This comprehensive analysis of estrogen distribution will contribute to a
better understanding of its behavior in aquatic environments.

2. Materials and Methods
2.1. Chemical Reagents

Estrone (E1, 99%), 173-estradiol (E2, 99%), and estriol (E3, 97%) were procured from
Cerilliant (Oakville, ON, Canada) Methanol of HPLC grade (99%) was sourced from Tedia
Company Inc., (Fairfield, OH, USA), Ammonium hydroxide of ACS grade (28-30%) was
obtained from ].T. Baker (Phillipsburg, NJ, USA). Additionally, acetonitrile of HPLC grade
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(99.9%) was acquired from (Charlotte, NC, USA). Sulfuric acid of EP grade (95%) was
purchased from Union Chemical Works, Taiwan.

2.2. Sampling Site

The water and SPM samples were taken from two specific sites along Wulo Creek,
which is a tributary of the Gaoping River in Pingtung County, Taiwan. The Wulo Creek
Basin experiences heavy rainfall during the wet season, with an average annual precipi-
tation of around 2500-3000 mm. The temperature in the area ranges from 15 °C to 35 °C
throughout the year, with the highest temperatures usually recorded in July and August.
The high flow occurs during the wet season, from May to September, while the low flow
occurs during the dry season, from October to April. As a result, this study’s sampling
period is from January to April each year to avoid rainy days.

This particular area is known for its large-scale animal husbandry practices, supporting
a significant population of around 4500 cattle, 500,000 pigs, 3 million laying hens, and
5 million broilers.

The selection of these sampling sites was based on previous research by Chen et al. [35]
and Hung et al. [36], which identified these locations (WL-1 and WL-4) as areas with high
estrogen concentrations. These two sites are about 5 km apart. Figure 1 shows the geological
map and sampling sites, and # indicates the number of animals.
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Figure 1. Geographical map of sampling site locations (adapted from Hung et al. [37], and Ministry
of Agriculture, Republic of China (Taiwan)).

In our study, the upstream site (referred to as site-S-U) is located near the main dis-
charge points of animal wastewater, while the downstream site (referred to as site-S-D)
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is further downstream. Both sampling sites can be accessed via bridges across the creek.
The samples were collected from the central location of the creek to ensure a represen-
tative sampling of the water and SPM. This strategic approach was used to capture the
overall environmental conditions and pollutant levels present in the water body. A total of
25 validated samples were collected for water and SPM. The detailed sampling description
is provided in the Supplementary Information. The collected samples underwent basic
water chemistry measurements, the results of which are listed in Table S1. The water quality,
as per the River Pollution Index (RPI), was classified as “Moderately Polluted”, reflecting
the properties of animal wastewater.

2.3. Sampling Procedure and Treatment

The sampling of water and SPM involved using a peristaltic pump (Subaru, EY 20-
3D-5.0 HP, Shibuya-ku, Tokyo, Japan) to extract river water onto the bridge and into a
clean, pre-washed 20 L sampling bucket. Approximately 50-75 buckets, totaling around
1000-1500 L of water, were collected each time. To prevent estrogen degradation, 10 g of
sodium azide was added to each full bucket of water. The suspended solid was separated
from water samples using a continuous high-speed centrifuge (20,000 rpm) (Quantai Iron
Works, LOS100LS, Taiwan). The water sample underwent solid-liquid separation by using
a peristaltic pump (Cole-parmer MasterFlex, 7553-70, Gelsenkirchen, Germany) to feed the
original water sample into the centrifuge tube of the continuous separation machine (Quan-
tai Iron Works, LOS100LS, Taiwan), maintaining a flow rate of approximately 0.5 L/min.
The high-speed centrifuge causes the water sample to adhere to the centrifuge tube wall,
effectively collecting suspended solids; for each sample collection, the separation process
took over 1 day each time. After solid-liquid centrifugal separation, the collected sus-
pended solids were scraped off the centrifuge tube wall and placed into brown wide-mouth
bottles, removing non-SPM samples such as small stones. These SPM samples were then
placed in a freezer, and after 24 h, approximately 50 g of frozen SPM samples were further
processed using a freeze dryer (FDU-1200, EYELA, Tokyo, Japan). The water-containing
SPM sample was drained at —50 °C, under 5 Pa vacuum, and the freeze-drying time was
about 3-5 days (depending on the solids” moisture content). The freeze-dried SPM samples
were crushed and passed through a #20 mesh sieve (0.814 mm) to obtain the SPM sample.

After separating the solid and liquid components, the liquid samples were first filtered
through a 0.7 pm coarse filter and then through a 0.22 pum fine filter using cellulose acetate
membrane materials to remove suspended solids. Following the filtration, 12,000 mL of
the filtered liquid was stored in a refrigerator at 4 °C. This was carried out in preparation
for subsequent separation of the colloidal and dissolved phases and then solid-phase
extraction (SPE).

2.4. The Separation Process of Water Samples

The liquid samples were filtered and then separated into colloidal and dissolved
samples using a feed flow rate of 1.7-2.0 L/min. Throughout the separation process,
the concentration volume factor was maintained at 10, and the volume ratio of dissolved
sample (Vjjssoreq) to colloidal sample (Vo110i7) was kept at 1:9. The mass recovery ratios (MB,
%) for estrogens and DOC were calculated using Equation (1), while the mass percentages
(MF; %) of the colloidal and dissolved phases for estrogens and DOC were calculated using
Equation (2) [38].

MB (%) _ Z ((Cdissolved X Vdissolved) + (Ccolloid X Vcolloid)) % 100 (1)

Cfiltrate X Vfiltmte

Ci X Vl
x ((Cdissolved X Vdissolved) + (Ccolloid X Vcolloid))

where C; and V; represent the concentration and volume of dissolved organic carbon (DOC)
and estrogens in both colloidal and dissolved samples. Cfiyrare and Virare denote the con-

MF; (%) = x 100 @)
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centration and volume of DOC and estrogens in the filtrate solution. Cgyjjpig and Vy,ig refer
to the concentration and volume of DOC and estrogens in the colloidal solution. Similarly,
Cissolved and Vjissoineq indicate the concentration and volume of DOC and estrogens in the
dissolved solution.

During the separation process, the ultrafiltration membrane must be carefully cleaned.
This process involved using reverse osmosis water, neutral detergent, 0.5 N sodium hy-
droxide solution, and deionized water (DDW) in a specific sequence.

2.5. Pretreatment of Liquid and SPM Samples for Estrogen Analysis

A volume of 1000 mL of the filtered liquid was subjected to solid-phase extraction
(SPE). First, the filtered liquid samples were acidified using sulfuric acid to achieve a pH
of 3.0. The target compound was then concentrated by passing through SPE cartridges
using Oasis HLB (200 mg/6 mL, 30 um particle size, Waters, Milford, Massachusetts, USA),
which were pre-conditioned with 6 mL of methanol and 6 mL of deionized water. The
acidified liquid sample was passed through the SPE column at a flow rate of 3-6 mL/min.
Subsequently, 5 mL of 5% methanol was used to elute the cartridges, followed by drying
under vacuum for 30 min. The column was then eluted with 3 mL of 5% methanol/double-
distilled water (DDW) and further with 6 mL of methanol. Finally, the cartridge was eluted
with 6 mL of 2% acetonitrile/methanol (ACN/MeOH) containing 0.5% NH4OH.

The eluted sample was then evaporated using slowly blown nitrogen until it reached
a near-dry state and subsequently redissolved with a 2 mL solution of ACN/DDW
(v/v =10/90). Finally, it underwent filtration through a 0.22 um polytetrafluoroethy-
lene syringe filter for LC/MS/MS analysis. It is important to note that this method was
modified from previous studies to optimize the parameters [36,38—40].

To analyze the estrogen content of SPM, a modified method was used based on
previous studies [41-43]. Initially, 2 g of freeze-dried SPM (#20 mesh screening) was mixed
with a 10 mL solution of acetonitrile and distilled deionized water (ACN/DDI = 9:1). The
mixture was then sonicated using a sonicator at 180240 W and a frequency of 20 kHz for
5, followed by a 5 s pause, and then resumed for 12 min. The sample was subjected to sonic
extraction twice. Afterward, the solution was centrifuged at 2000 rpm for 20 min to obtain
the supernatant, resulting in a total extract of 20 mL. The extract was then concentrated
to 2 mL by purging with nitrogen. This concentrated solution was then dissolved in
98 mL of distilled deionized water (DDW). Finally, the solution was processed and analyzed
following the pretreatment steps outlined for estrogen-containing liquid samples.

2.6. LC/MS/MS Analysis Conditions

The analytes were separated using an Agilent 1200 HPLC system (Agilent Technolo-
gies, Palo Alto, CA, USA) with a Phenomenex Gemini C-18 Column (100 x 2.0 mm,
dp = 3 pm) at a constant temperature of 40 °C. Injections of 25 uL were analyzed in a
mobile phase consisting of ultrapure water with 0.05% ammonium hydroxide (A) and
acetonitrile with 0.05% ammonium hydroxide (B). The chromatographic gradient started at
a flow rate of 0.2 mL/min, maintaining 20% of component B for 1 min, increasing to 35%
within 1.5 min, reaching 58% over another 1.5 min, and then held for 0.3 min. At 6.7 min,
component B was increased to 85%, and the total analysis duration was 11 min. Retention
time (Rt), parent ion production, fragmentation voltage, and collision voltage adhered to
the parameters optimized for standard products as per Hung et al. [36], using an Agilent
6410 LC/MS/MS system. Negative-ion electrospray ionization (ESI) was employed. The
procedure utilized dynamic multiple reaction monitoring (MRM) with a drying gas tem-
perature of 325 °C, drying gas flow of 8 L/min, nebulizer pressure of 30 psi, and capillary
voltage of 4000 V.

2.7. Quality Assurance and Control

The calibration curves for estrogen-containing samples spiked with varying concen-
trations of three target estrogens (0.5 to 200 pg/L) demonstrated strong linearity (R? >
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0.995). To ensure the absence of contamination and proper instrument performance, pro-
cedural blanks and sample replicates were analyzed for each batch. Recovery rates were
determined using a standard addition method with 10 ng/L spiking concentration and
ranged from 79% to 91%. The method’s detection limits were 0.3, 0.5, and 0.4 ng/L for E1,
E2, and E3, respectively, in water (Table S2). The internal quality assay was maintained
below 5%, while the intermediate assay was below 8% at the quantitation limit, meeting
the acceptable criteria for environmental analysis. Detailed quality assurance data for each
compound in DI water and the liquid samples can be found in Hung et al. [36]

2.8. Partition Coefficient Calculation

In this study, we evaluated three types of partition coefficients: Koc, Kpoc, and Kcoc.
The calculation of Koc, Kpoc, and Kcoc is performed according to Equations (3)—(5),
respectively [26,30,31].

Koc = Cspm/ Crittrate/ foc ®)
KPOC - CSPM/Cdissolved /fOC (4)
Kcoc = Ceottoia/ Caissotved / DOCeoltoid )

where Cspm, Critrates Ceoltoid, @and Cissorved indicate estrogen concentrations of SPM and
the estrogen concentrations of filtrate, colloid, and dissolved solutions. f,c and DOC 154
indicate the TOC fraction of SPM and the DOC concentration of colloid.

2.9. 17 B-Estradiol Equivalent (EEQ) Calculation

To assess the potential risks of estrogenic activity to aquatic organisms, estradiol
equivalents (EEQs) in the filtrate and SPM collected from Wulo Creek were calculated.
The EEQ in filtrate water of the analyzed estrogens was calculated following Equation (6):

EEQ =) EEQ; =) (C; x EEF) (6)

The risk assessment for the SPM was carried out by converting the estrogenic activ-
ities of estrogens into their corresponding EEQs in water, which were expressed as the
bioavailable fractions of the estrogens in the SPM. The EEQ yater in the SPM was calculated
following Equation (7) [44,45]:

EEQuuater (ng/L) =Y "EEQ; =) (1000 x Cy; (ng/g) x EEF;)/Ko; (L/kg)  (7)

where EEQ; is the EEQ value of the selected estrogen i, and C; and Cg; are the concentration
of the selected estrogen i in filtrate and SPM. EEF; is the estrogenic equivalent factor relative
to E2 and the EEF values of E1, E2, and E3 were 0.25, 1, and 5.9 x 1073, respectively [46].
Ky i is the organic carbon standardized partitioning coefficient of chemical i between SPM
and filtrate.

2.10. Statistical Analysis

In this study, various tests were conducted using S-Plus software (version 6.2) at a
significance level of p < 0.05. The t-test method was used to compare estrogen differences
between two groups, and the ANOVA test method was used for comparing differences
between three groups, followed by Tukey’s post hoc test.

3. Results
3.1. Dissolved Organic Carbon Concentrations in Liquid Samples

In this study, 25 water samples were collected from sampling sites. Thirteen and twelve
samples were taken from site-U and site-D, respectively. Table 1 lists the concentrations of
dissolved organic carbon (DOC) and estrogens in the liquid samples. The samples include
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the filtrate (<0.45 pm), colloidal (1 kDa-0.45 um), and soluble (<1 kDa) phases. The average
DOC concentration in the total filtrate was 17.1 = 9.7 mg/L at site-U, which was higher
than the concentration of 8.2 & 6.8 mg/L at site-D (p = 0.014). Site-U is located near animal
feedlot wastewater discharge sources. This indicates that the river carries wastewater from
agricultural areas with high concentrations of DOM, resulting in a high DOC concentration
and poor water quality. Similar findings have been reported in other studies [35]. The
lower DOC concentration at site-D was due to the aggregation and deposition of large
particulate dissolved organic matter (DOM) as the river water flowed downstream.

Table 1. Concentrations of estrogens and DOC of filtrate (<0.45 um), colloidal (1 kDa-0.45 pum), and

soluble (<1 kDa) phases.
Site Phase E1, ng/L E2, ng/L E3, ng/L DOC, mg/L
Filtrate 228 £11.9 41+26 50£1.6 278 £94
S-Uys Colloid 25.6 £14.2 58 £438 6.8 £3.6 492 +£15.2
Soluble 16.4 £ 6.7 53+44 38+£19 205£9.7
Filtrate 46.8 £ 32.5 42438 40+38 11.6 £ 8.6
S-Dy3 Colloid 53.0 £47.6 79+44 6.0 4.6 314 +£13.6
Soluble 36.7 £ 26.0 59+27 44+3.0 9.0£9.1
Filtrate 164.7 £+ 108.6 6.09 £4.50 3.53 £1.01 124 +49
S-Ups Colloid 239 4103 78 £25 55+£43 289 +£19.9
Soluble 201 £+ 93 70+£5.6 40+23 128 £5.0
Filtrate 328.3 £171.0 6.48 £2.77 4.63 = 1.05 484+ 0.6
S-Dyy Colloid 377.1 +£219.1 79 £3.6 6516 18.5£39
Soluble 275.3 £120.5 44+14 50+04 30£04
S-Uj3, S-Uyy: site-U sampling in 2013 and 2014, respectively; S-Di3 S-Diy: site-D sampling in 2013 and
2014, respectively.

The mass recovery ratios of filtrate separation into colloidal and soluble phase for
organic carbon (OC) and estrogens were calculated using Equation (1). The OC recovery
ratios ranged from 73% to 157%, with an average of 97% across all samples. Most of the
OC recovery ratios fell between 80% and 120% for 20 out of 25 samples. These average OC
recovery ratios were considered acceptable. For instance, in a study by Nie et al. [29] on
water from the Huangpu River in China, the OC recovery ratios ranged from 88% to 128%,
with an average of 108%. Similarly, Chuang et al. [38] found an average OC recovery ratio
of 105% when separating river water into five types of size-fractionated DOM.

Figure 2 displays the OC mass percentages of colloidal and soluble phases using
Equation (2) for two years and two sites. Despite the colloid having a higher DOC concen-
tration compared to the soluble phase (Table 1), the volume fractions were 0.1 and 0.9 for
colloidal and soluble phases, respectively. Consequently, the colloidal mass percentages
were lower than those of the soluble phase. On average, the colloidal OC percentage was
31.5% with a standard deviation of 14.8%. At site-D, the colloidal percentage was signif-
icantly higher at 39.4% compared to site-U, which had a percentage of 22.0% (p = 0.003).
The colloidal OC mass percentages in our study were slightly lower than the 32-55% range
reported in freshwater DOM studies [38,47,48]. However, they are comparable to the
findings of Chen et al. [30], whose study showed an average colloidal OC mass percentage
of 30.0% with a standard deviation of 11.5%.

In our study, the low colloidal OC percentages indicate a low level of humification in
the dissolved organic matter, suggesting a lack of synthesis of humic and fulvic acid- like
organic matter due to the low humification extent of the water receiving animal wastewater
discharge DOM. Additionally, the soluble phase of dissolved organic matter may aggregate
to form a larger colloidal phase from site-U to site-D, increasing the percentage of the
colloidal phase at site-D.
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Figure 2. The mass percentages of organic carbon (OC) distributed on colloidal and soluble phases.

3.2. Estrogen Concentrations in Water Samples

The concentrations of three natural estrogens, E1, E2, and E3, were detected in all liquid
phases. Table 1 lists the average estrogen concentrations of the filtrate samples. The order
of total average concentrations of the filtrate was 153.0 £ 153.7 ng/L (E1) > 5.4 + 3.7 ng/L
(E2) > 4.2 £ 2.1 ng/L (E3), and the concentrations showed considerable variation. The sam-
pling sites affected by the wastewater of animal feedlot discharge resulted in high estrogen
concentrations [5,13,29,35,49,50]. The order and concentrations of estrogen were similar to
animal-polluted river water [35,49], but the concentrations were higher than river water
receiving effluent of STP wastewater [1,29,31]. The filtrate’s total average E1 concentration
of 121.0 £ 112.0 ng/L at site-U was lower than the concentration of 187.6 = 112.0 ng/L
at site-D without significant difference (p = 0.302). Additionally, the E2 and E3 concen-
trations were insignificantly different at the two sites. The average E2 concentrations
were 5.5 + 4.0 ng/L and 5.3 £ 3.4 ng/L at site-U and site-D, respectively (p = 0.93). The
average E3 concentrations were 4.0 + 1.4 ng/L and 4.3 &+ 2.7 ng/L at site-U and site-D,
respectively (p = 0.68). According to Liu et al. [49] and Chen et al. [35], high estrogen
concentrations were found upstream of Wulo Creek, with an E1 concentration exceeding
1000 ng/L, suggesting that animal wastewater could carry high estrogen concentrations to
receiving water.

Table 1 also presents the estrogen concentrations in colloidal and soluble phases. The
estrogen concentrations in these phases were measured directly and did not account for
volume factors, leading to higher concentrations in the colloidal phase compared to the
filtrate and soluble phases. After separation, the estrogen concentration of individual
species in the colloidal and soluble phases was comparable to that in the filtrate.

The average estrogen mass recovery ratios were 88.8%, 92.0%, and 103.8% for E1, E2,
and E3, respectively, in the filtrate separated into colloidal and soluble phases, which were
within an acceptable range [27,29,30]. For example, in the partition study of estrogens
between colloidal and soluble phases, the average mass recovery ratios were 131%, 99%,
and 144% for E1, E2, and E3, respectively, during the separation processes [29]. Yan
et al. [27] reported mass recovery ratios ranging from 64.2% to 117.8% for 27 emerging
organic compounds in a separation test.

Figure 3a—c illustrate the estrogen mass percentages of E1, E2, and E3, respectively,
at site-U and site-D during the years 2013 and 2014. The overall average mass fractions
of the colloidal phase were 12.7 4= 2.6%, 14.2 £ 5.5%, and 13.5 £ 5.5% for E1, E2, and E3,
respectively. Additionally, the colloidal mass percentages of the estrogens did not show
significant differences (p = 0.46); the mass percentage for each estrogen was not significantly
different between 2013 and 2014 (p = 0.07-0.35) and between the two sampling sites
(p =0.32-0.97).
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Figure 3. The mass percentages of estrogens distributed on colloidal and soluble phases: (a) (E1),
(b) (E2), and (c) (E3).

Previous studies on the multiphase partitioning of estrogens in in situ river water
have demonstrated a wide range of percentages for colloid-bound estrogens. Nie et al. [29]
reported ranges of 2.0-58.4%, 8.4-72.0%, and 3.4-62.7% for E1, E2, and E3, respectively.
These percentages significantly differed from the present study due to variations in colloid
sources. Huang et al. [31] found average colloid-bound phases of 26.3%, 15.1%, and 19.5%
for E1, E2, and E3, respectively, in the Shaying River, China; these percentages were slightly
higher than those observed in the present study. In a constructed wetland, Chen et al. [30]
reported colloid-bound estrogen percentages ranging from 7.3% to 8.5% for E1, E2, and
E3, which were lower than the percentages found in the present study. In four advanced
wastewater treatment processes, Huang et al. [28] reported the mass percentages of three
natural estrogens in different phases (suspended particulate matter, colloidal, and soluble
phases); the colloid-bound fractions were 3.9-19.4%, 15.1-31.7%, and 54.0-77.8% for E1, E2,
and E3, respectively. The percentages for E1 and E2 were similar to those in the present
study, but the percentage for E3 was higher. The distribution of estrogen in the colloidal
phase is influenced by sources, biochemical processes, and other factors [23,27,29-31,51,52].

3.3. Estrogen Concentrations in SPM

In this study, a total of 23 suspended particulate matter (SPM) samples were analyzed
for estrogen concentrations. Eleven samples were taken from site-U and twelve from site-D.
Table 2 presents the average SPM concentrations and estrogen concentrations extracted
from SPM across the two sampling years and both sites. The overall average SPM concen-
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tration at site-U was 126.8 + 33.8 mg/L, significantly higher than the 37.4 & 19.2 mg/L
observed at site-D (p < 0.001). As river water flows downstream from site-U to site-D, larger
suspended particulates aggregate and settle into the sediment, thereby reducing the SPM
concentration downstream.

Table 2. The SPM concentrations of water samples and TOC and estrogen concentrations in

SPM samples.
Site SPM (mg/L) TOC (%) E1 (ug/kg) E2 (ug/kg) E3 (ug/kg)
S-Uis 98 + 14 335+0.1 1.05£1.21 0.30 +0.35 0.70 £ 0.81
S-Di3 35+ 18 2234113 2.27 +1.34 127 £1.04 2.13+1.80
S-Uyy 140 £ 32 164 £1.2 072+ 1.11 ND 0.64 +1.28
S-Dyy 40 £+ 22 231+59 1.65 +0.44 ND 1.40 £+ 0.86

ND: not detected.

Among the 23 SPM samples analyzed for estrogen concentrations, E2 was detected in
2013 but not in 2014. Some SPM samples had estrogen concentrations below the detection
limit, with the number of detectable samples being 17 for E1, 6 for E2, and 13 for E3.
Estrogen concentrations below the detection limit were considered zero in statistical calcu-
lations. The total average estrogen concentrations in SPM were 1.37 & 1.19, 0.35 £ 0.73, and
1.19 4+ 1.36 ng/kg for E1, E2, and E3, respectively, with E1 concentrations being significantly
higher than E2 (p = 0.004). The E1 concentrations were 0.82 £ 1.10 ug/kg at site-U and
1.96 + 1.01 pg/kg at site-D, while the E3 concentrations were 0.66 + 1.12 ug/kg at site-U
and 1.77 + 1.40 ug/kg at site-D. Both E1 and E3 concentrations were higher at site-D than
at site-U (p = 0.013 for E1; p = 0.042 for E3). This higher estrogen concentration at site-D
could be attributed to the deposition of large SPM containing low estrogen concentrations.

The order of estrogen concentrations in SPM differed from that in filtrated water
samples. In the water samples, E1 concentrations were significantly higher than those
of E2 and E3, whereas in SPM samples, E1 and E3 concentrations were higher than E2
concentrations. E2, originally excreted by animals, is metabolized to E3 and eventually
to E1 [53]. This metabolic pathway typically results in higher E1 concentrations in river
water [35,49]. However, in the present study, similar concentrations of E1 and E3 in SPM
suggest that E3 had not yet fully metabolized to E1. Therefore, the high E3 concentration in
SPM indicates that E3 was initially discharged from animal waste and wastewater.

Huang et al. [31] reported mean estrogen concentrations in SPM of 4.56, 7.95, and
16.5 ug/kg for E1, E2, and E3, respectively, which were higher and followed a different
order than those in the present study. In the Huangpu River, China, average concentrations
were 81.2, 44.9, and 72.9 ug/kg for E1, E2, and E3 in SPM, respectively, in river water
affected by animal feeding operation wastewater [29]. In their study, average estrogen
concentrations were less than 20 pg/kg for E1, E2, and E3 in mainstream and tributary
mouth waters. Studies by Huang et al. [31] and Nie et al. [29] demonstrated that SPM
had high estrogen concentrations primarily due to source factors. In Nie et al. [29], E1
and E3 concentrations were higher than E2, similarly to the present study, whereas in
Huang et al. [31], E3 concentrations were higher than both E1 and E2. Sources, SPM
characteristics, hydrolysis, and oxidation mechanisms may affect estrogen concentrations
in SPM [29,31,53-56].

Previous studies typically analyzed estrogen concentrations in SPM residues on filter
membranes [29,31,34,55], involving small amounts of SPM mass. In the present study;, es-
trogen concentrations were analyzed using a consistent SPM mass of two grams dry weight
per analysis. This study collected SPM samples from large water volumes (1000-1500 L)
using a high-speed (20,000 rpm) continuous-flow centrifuge. The SPM collection period
lasted more than one day, during which estrogen metabolism and decomposition might
have occurred, resulting in low estrogen concentrations in SPM. However, analyzing large
SPM masses enhances the precision of measurements for very low concentrations of organic
compounds such as estrogens in SPM. For instance, Gong et al. [34] used a continuous-flow

63



Toxics 2024, 12, 671

centrifuge to collect SPM from 250 to 400 L of water. They detected E1 in two of eight SPM
samples, with concentrations of 4.7 and 6.0 ug/kg, whereas E2 and E3 were below the
detection limit in all samples.

Estrogen concentrations in SPM were converted to the liquid phase. Since colloidal-
and soluble-phase estrogen mass fractions were discussed in Section 3.2, this section
investigates mass fractions in SPM and liquid phases. In SPM, the average estrogen
fractions were 0.16%, 0.21%, and 1.36% for E1, E2, and E3, respectively, suggesting that
most estrogens were present in the liquid phase. These fractions were lower than those
reported by Huang et al. [31] for the Shaying River, China, where estrogen mass fractions
in SPM were 0-19.8%, 0-18.9%, and 0-6.88% for E1, E2, and E3, respectively. In the present
study, the difference between total solid and suspended solid was 487.7 mg/L, implying a
large amount of dissolved organic matter in the liquid phase, likely binding a high fraction
of estrogens. Additionally, SPM discharged from animal wastewater is characterized by
low humification and a low adsorption capacity for estrogens.

3.4. Multiphase Partition Coefficient of Estrogens

The multiphase partition coefficient is essential for understanding the fate of es-
trogens in different phases within river systems [6,27-29,31,34,55]. This study inves-
tigated the organic carbon-normalized estrogen partition coefficients for SPM-filtrate
(Koc), SPM-soluble (Kpoc), and colloid-soluble (Kcoc) phases, calculated according to
Equations (3)-(5) [30,31,34]. Table 3 provides the partition coefficients for the three estro-
gens. The log Koc values ranged from 1.08 to 2.96, 2.43 to 3.05, and 2.80 to 4.07 L/kg-C for
El, E2, and E3, respectively. The log Kpoc values ranged from 1.23 to 2.97, 2.26 to 3.09, and
2.85 to 4.19 for E1, E2, and E3, respectively. The log Kcoc values ranged from 4.23 to 5.26,
4.17 to 5.59, and 4.08 to 5.45 for E1, E2, and E3, respectively. Table 4 outlines the ranges
and average estrogen partition coefficients of log Koc, log Kpoc, and log Kcoc in this study
and as reported in previous studies. Given the limited research on colloid-soluble partition
coefficients, log Kcoc values from in situ river water and laboratory batch experiments
were adopted for comparison.

Table 3. The organic carbon-normalized partition coefficients of log Koc (SPM-filtrate), log Kpoc
(SPM-soluble), and log Kcoc (colloid-soluble) for estrogens.

Site Coefficients E1l E2 E3
log Koc 2.41 + 0.02 2.58 +0.03 2.95 4+ 0.03
S-Uqs log Kpoc 2.58 £+ 0.02 2.42 +0.05 3.09 +£0.11
log Kcoc 448 +0.19 4.36 +0.19 457 +0.14
log Koc 2.54 +0.57 3.46 + 0.05 4.00 4 0.07
S-Dy3 log Kpoc 2.64 £+ 0.58 3.52 £ 0.01 4.02 £0.11
log Kcoc 4.70 £ 0.13 4.68 4+ 0.08 4.70 +0.14
log Koc 2.30 +£0.12 NA 3.60 4 0.07
S-Uyy log Kpoc NA NA 3.53 £0.11
log Kcoc 4.75 + 0.41 4.81 4+ 0.54 494 + 047
log Koc 1.39 +0.31 NA 3.25 +£0.21
S-Dyy log Kpoc 1.46 +0.29 NA 3.18 +0.23
log Kcoc 4.85 4+ 0.19 4.99 £+ 0.29 4.85 +0.17

NA: not available.
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Table 4. The average and ranges of estrogen partition coefficients of log Koc, log Kpoc, and log Kcoc
in this study and reported in previous studies.

E1 E2 E3 Matrix and Method Ref.
log Kow 3.43 3.94 2.81 [50]
log Koc (;(())Ez;, ?’79)6* (22473 4,34())3 éggflo)z In situ river water (CFUF) PS
log Koc 3.21 3.38 2.84 In situ river water (CFUF) [31]
log Koc 1.67-3.46 2.27-2.46 3.53-4.07 In situ river water (CFUF) [29]
log Kpoc (;32, 119)7* (222669’34())2 éigﬁ;ﬁf In situ river water (CFUF) PS
log Kpoc 1.75-3.60 2.48-2.60 3.79-4.49 In situ river water (CFUF) [29]
log Kpoc 3.35 3.45 2.94 In situ river water (CFUF) [31]
log Kcoc (iii, 2'22)6* (i%, 3'05)9* (i(;? 261)5* In situ river water (CFUF) PS
log Kcoc 4.18-4.85 3.96-4.2 In situ river water (CFUF) [24]
log Kcoc 4.18-4.23 3.96-4.20 River water (CFUF) [23]
log Kcoc 6.60—6.81 6.42-6.78 7.09-7.85 In situ river water (CFUF) [22]
log Kcoc 5.03 4.76 4.25 In situ river water (CFUF) [31]
log Kcoc 54 6.11 In situ river water (CFUF) [22]
log Kcoc 7.09 7.58 7.8 In situ river water (CFUF) [27]
log Kcoc 4.08 4.04 411 In situ river water (CFUF) [30]
log Kcoc 4.57-4.94 Commercial DOM (FQ) [48]
log Kcoc 4.08-4.68 Biological wastewater (FQ) [54]
log Kcoc <3-5.25 Biological wastewater (FQ) [49]
log Kcoc 3.98 3.93-4.12 Commercial DOM (FQ) [55]
log Kcoc 4.52-6.02 3.42-5.11 Commercial DOM (SPME) [33]

PS: present study, FQ: fluorescence quenching; CFUF: cross-flow ultrafiltration; SPME: solid-phase microextraction.
* (mean value, sample numbers).

The order of total average coefficients for log Koc was 3.38 & 0.43 (E3) > 2.74 4 0.33
(E2) >2.02 + 0.58 (E1), and for log Kpoc it was 3.40 4 0.41 (E3) > 2.69 = 045 (E2) > 2.06 = 0.64
(E1). The partition coefficients for log Koc and log Kpoc for E3 were significantly higher
than those for E1 (p < 0.001). However, the log Koc and log Kpoc values for individual
estrogens were not significantly different (p = 0.87-0.91). These values were comparable to
the ranges reported in previous studies [29,31]. The octanol-water partition coefficient (log
Kow) typically indicates the capacity of estrogens to bind to organic matter [6,53]. In this
study, the log Koc and log Kppoc values were independent of the log Koy values, which
are 3.94, 3.13, and 2.85 for E2, E1, and E3, respectively (Table 4). This suggests that the
hydrophobicity of estrogens is not the dominant factor controlling their adsorption onto
SPM [31,34].

Conventionally, the partition coefficient is the ratio of estrogen concentrations between
SPM and liquid phases [31]. In the present study, E1 had significantly higher concentrations
than E2 and E3 in the liquid phase, whereas E1 and E3 had higher concentrations than
E2 in SPM. This concentration difference resulted in E3 having the highest log Koc and
log Kpoc values, and E1 having the lowest. Therefore, the partition coefficients of organic
compounds are influenced by their sources and metabolic conditions in both SPM and
liquid phases [29,30].

In this study, the total average log Kcoc coefficients were 4.72 + 0.27, 4.75 £ 0.40, and
4.75 + 0.30 kg/L-C for E1, E2, and E3, respectively. The log Kcoc values were comparable
to or higher than those studied in the in situ river water and laboratory batch experiments
listed in Table 4 [23,24,30,31,33,48,49,57,58]. However, some studies reported higher log
Kcoc values in in situ river water [22,27,29]. The high log Kcoc values may be due to
the characteristics of colloids, which have a strong estrogen sorption ability. Log Kcoc
values obtained in laboratory batch experiments were generally lower than those in in situ
river water because laboratory conditions typically involve shorter durations and higher
sorbate concentrations [34,59]. Different experimental conditions lead to variations in the
partition coefficients of estrogens bound to colloids. Moreover, the log Kcoc values were
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not significantly different among the three estrogens (p = 0.88) and were one to two orders
of magnitude higher than the log Koc, log Kpoc, and log Kow values in this study. This
is consistent with findings that the estrogen partition coefficients of log Kcoc in in situ
river water are much higher than log Koc and log Kpoc [29,31]. The high log Kcoc values
suggest that colloids play a critical role in influencing estrogen distribution, which could
further affect estrogen transport, toxicity, and fate in rivers [22,27-29,31]. Colloids have a
strong ability to absorb estrogen from the liquid phase due to their high specific surface
area, sorption site density, organic carbon content, and strong absorption capacity [29,31].

Highly hydrophobic compounds such as PAHs, PCBs, and pesticides have shown a
high correlation between log Kcoc and log Koy, suggesting that hydrophobic interactions
are the major contributors to the sorption of these compounds to organic matter [6]. How-
ever, estrogens, being moderately hydrophobic compounds, might have different sorption
mechanisms, forming estrogen—-DOM complexes [6,24,51,52,57]. In this study, log Kcoc
values were not significantly correlated with the hydrophobicity of estrogens (log Kow)
(r = 0.09). Weak correlations between log Kcoc and log Kow for estrogens have been
observed in previous studies, suggesting that partition mechanisms other than nonspecific
hydrophobic interactions play a key role in estrogen sorption [24,51,52,57]. Previous stud-
ies have found that estrogen log Kcoc has a strong correlation with the aromaticity and
phenolic functional groups of DOM [51,52,57], suggesting that 7-rt electron interactions,
hydrogen bonding, phenolic groups, and ligand exchange play important roles in the
binding of estrogens to colloids [6,51,52,59].

3.5. Risk Assessment of Estrogens in Filtrate Water and SPM

The Y_EEQ values in the filtrate of water and SPMs are summarized in Table 5. In total,
the }_EEQ values in the filtrate ranged from 3.6 to 142.1 ng/L, with an average value of
43.7 ng/L. In the SPMs, the }_EEQ values ranged from 0.0 to 40.6 ng/L, with an average
value of 6.8 ng/L. The average ) EEQ values of filtrate were 13.5 and 63.8 ng/L for the years
2013 and 2014 and were 28.5 and 52.3 ng/L for site-U and site-D, respectively. The average
Y_EEQ values of SPM were 3.7 and 8.9 ng/L for the years 2013 and 2014, respectively,
and were 2.4 and 12.2 ng/L for site-U and site-D, respectively. The ) EEQ value in site-D
was significantly higher than site-U and was significantly different for the years 2013 and
2014, indicating variations in temporal and spatial estrogen risk in river water receiving
animal feedlot wastewater. In total (filtrate and SPM), the }_EEQ values ranged from 4.0 to
182.7 ng/L with an average of 50.5 ng/L. The contribution of } [EEQ values was 87.4%, and
12.6% was attributed to filtrate water and SPM, respectively.

Table 5. EEQ values (ng/L) of the filtrate and SPM in Wulo Creek.

. EEQ of Filtrate EEQ of SPM
Species
Mean + SD Ranges Mean + SD Ranges
E1 38.2 +38.4 3.1-132.3 91+124 0.4-40.6
E2 54436 0.0-16.7 36+15 22-51
E3 0.0 £0.0 0.0-0.1 0.0 £0.0 0.0-0.0
Sum EEQ 43.7 £ 40.6 3.6-142.1 6.8+ 11.0 0.0-40.6

The estrogenic risk level of Y EEQ values to organisms is categorized as follows:
Y EEQ < 1 ng/Lis a low estrogenic risk, while 1 < ) EEQ < 10 attributes moderate risk and
Y EEQ > 10 attributes high estrogenic risk. In the present study, the } EEQ values of filtrate
water were 16% and 84%, respectively, which represent median and high risk for aquatic
organisms. The }_ EEQ values of the SPM samples were 40%, 44%, and 16%, which are
attributed to low, medium, and high estrogenic risk to aquatic organisms. Furthermore,
in water, the contributions of ) EEQ values were 81.7%, 18.2%, and 0.1% by E1, E2, and
E3, respectively. In SPM, the contributions of }_EEQ values were 78.4%, 11.0%, and 10.6%
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by E1, E2, and E3, respectively. E1 was the major contributor to the ) [EEQs in the surface
water and SPM.

4. Conclusions

This study provides important insights into how estrogens behave in river systems
affected by animal wastewater. Our findings show that estrogen concentrations vary
significantly. E1 is the most dominant in the liquid portion, and higher concentrations
are found downstream than upstream. Most estrogens (98.64-99.84%) were discovered
in the liquid phase, mainly in the soluble fraction (85.8-87.3%). Our results confirm the
original hypothesis that colloids play a crucial role in the distribution of estrogens. The
considerably higher log Kcoc values than log Koc and log Kpoc emphasize the importance
of colloidal interactions in influencing estrogen behavior in water environments. We
found weak correlations between partition coefficients and log Kow, indicating that factors
beyond hydrophobicity impact estrogen sorption onto suspended particulate matter and
colloids. The risk assessment of E2 estrogen equivalent (EEQ) values suggests that estrogen
concentration in water poses a higher risk compared to SPM, with a majority of the samples
indicating a high risk to aquatic organisms. The significant role of colloids in estrogen
transport suggests that traditional water quality models may underestimate the mobility of
these compounds. This study emphasizes the complex interactions between estrogens and
different water phases, highlighting the often overlooked role of colloids. It is important
to note that our study has limitations, including potential seasonal variations not covered
in our sampling period. Further research should investigate temporal dynamics and
encompass various aquatic environments to enhance the generalizability of our findings.

Supplementary Materials: The following supporting information can be downloaded at https:
//www.mdpi.com/article/10.3390/toxics12090671/s1: Table S1: Basic water chemistry of Wulo
Creek. Table S2: Quality assurance data for the analysis of each target compound in DI water and
river water.
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Abstract: In the environmental field, the advancement of new high-efficiency heavy metal adsorption
materials remains a continuous research focus. A novel composite, covalent organic framework-
modified biochar (RH-COF), was fabricated via an in-situ polymerization approach in this study. The
COF-modified biochar was characterized by elemental analysis, BET analysis, SEM, FT-IR, and XPS.
The nitrogen and oxygen content in the modified material increased significantly from 0.96% and
15.50% to 5.40% and 24.08%, respectively, indicating the addition of a substantial number of nitrogen-
and oxygen-containing functional groups to the RH-COF surface, thereby enhancing its adsorption
capacity for Cd from 4.20 mg g~ ! to 58.62 mg g~ !, representing an approximately fourteen-fold
increase. Both the pseudo-second-order model and the Langmuir model were suitable for describing
the kinetics and isotherms of Cd?* adsorption onto RH-COF. The adsorption performance of Cd**
by RH-COF showed minimal sensitivity to pH values between 4.0 and 8.0, but could be slightly
influenced by ionic strength. Mechanistic analysis showed that the Cd** adsorption on RH-COF
was dominated by surface complexation and chelation, alongside electrostatic adsorption, surface
precipitation, and Cr—cation interactions. Overall, these findings suggest that the synthesis of COF-
biochar composite may serve as a promising remediation strategy while providing scientific support
for applying COF in environmental materials.

Keywords: COF-modified biochar; rice husk; cadmium; adsorption

1. Introduction

Biochar has been an extremely hot scientific subject over the past two decades, and is
regarded as a green environmental material due to its wide availability, facile preparation,
low risk of secondary pollution, and low cost [1-3]. The application of biochar in the
environment can bring numerous benefits, such as enhancing crop yield and soil health,
reducing greenhouse gas emissions, reutilizing waste, and alleviating climate change.
Owing to its favorable pore structure and abundant surface functional group structure,
biochar, as an excellent alternative adsorbent, has been extensively studied in terms of its
effect and mechanism for removing heavy metals from both soil and water [4,5]. Technology
based on biochar has emerged as one of the highly potential and promising tools for
environmental remediation.

Biochar can be derived from numerous agricultural wastes, such as manure, corn
stalk, rice straw, rice husk, and bean stalk. Despite the similar appearance of different
biochars, their behaviors vary significantly due to the diverse physicochemical properties
of biochars, which are profoundly influenced by the type of feed stock [6]. Consequently,
some biochars exhibit excellent adsorption performance, while others do not. Generally
speaking, biochars produced from poultry manure possess a higher metal adsorption
capacity compared to those derived from plants [7-9]. Xu et al. reported that biochar
originated from dairy manure demonstrated superior performance to rice husk biochar,
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which has a low surface area and limited functional groups in removing Cu?*, Cd?*, Zn?*,
and Pb?* from water [10]. However, the application of these biochars in heavy metal
removal is largely hindered by their poor adsorption performance. Cd is a toxic heavy
metal element that poses a significant risk to human health. Epidemiological evidence
suggests that occupational and environmental cadmium exposure may be associated with
many types of cancer, including breast, lung, prostate, nasopharyngeal, pancreatic, and
kidney cancers [11]. Therefore, it is essential for these biochars to be modified to enhance
their metal adsorption ability.

Consequently, diverse modification approaches of biochars, such as acidification,
alkalization, amination, magnetic modification, metal ion incorporation, oxidation using
oxidizing agents and surfactant modification, have been developed to obtain specific
advantages for numerous particular applications. These approaches may dramatically
alter the physicochemical properties of biochars and significantly improve their capacity
for adsorbing heavy metals [12]. Chen et al. fabricated sulfur modified wheat straw
biochar, which exhibited a superior adsorption capacity for Cd** from aqueous solutions
compared to the original biochar [13]. Fan et al. prepared thiol-modified rice straw
biochar with maximum adsorption capacities of 45.1 mg g~ ! for Cd?** and 61.4 mg g~!
for Pb?* [14]. Lee and Shin modified three distinct types of biochar (rice husk, wood
chip, and mixture) through five different methods (acid, alkaline, oxidic, manganese oxide,
and iron oxide). The results indicated that MnOx-modified biochar achieved the highest
adsorption capacities, which increased the adsorption capacity of Cd** from 3 mg g~ ! to
10 mg g~! [15]. To date, producing modified biochar material has emerged as an important
practice for expanding the environmental applications of biochar.

Covalent organic frameworks (COFs) represent an emerging category of porous sub-
stances with pre-designable architectures [16]. COF materials possess numerous specific
properties, such as elevated thermal/chemical stability, substantial porosity and surface
area, as well as uniform and adjustable pore sizes, endowing them with potential as re-
mediation substances [17,18]. Introducing a covalent organic framework (COF) to the
outermost layer of the adsorbent material would generate more oxygen- and nitrogen-
containing organic groups, which might enhance the material’s adsorption capacity for
target metal ions [19]. The COF-modified material would offer superior porosity, high
stability, novel synergistic properties, large specific surface area, high density of nitrogen-
and oxygen-containing functional groups, high crystallinity, and novel forms for environ-
mental applications [20-22], facilitating the adsorption of metal ions. Many COF-modified
materials have demonstrated significant potential in removing heavy metal species. For
example, Sun et al. fabricated a COF-5-SH material through post-synthesis modification
for Hg?* removal [23]. Jiang et al. prepared an EDTA@COF for the removal of heavy
metal ions [24]. Yang et al. made an EB-COF:Br material as an adsorbent for As (V) [25].
Li et al. modified COF on the absorbent material and augmented the adsorption capacity
of Cu?* compared with the raw material [26]. Consequently, it is anticipated to enhance the
adsorption capacity of COF-modified biochar composites, yet few studies have explored
the adsorption performance of this composite.

In this study, a novel composite, COF-modified biochar derived from rice husk, was
fabricated. The properties of COF-modified biochar were characterized using modern
chemical analysis approaches, and a series of adsorption experiments was carried out to
investigate the adsorption performance and mechanism of COF-modified biochar on Cd?",
which was selected as a representative heavy metal in environmental media. The outcomes
of this study will offer scientific support for the development of efficient adsorbents for the
remediation of cadmium-contaminated water.

2. Materials and Methods
2.1. Chemicals and Reagents

All reagents used in this study were analytical grade and used as received. Ethylene
glycol, ammonium hydroxide, N, N-dimethylacetamide (DMAC), dioxane, acetic acid solu-
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tion, methanol, acetone, tetrahydrofuran, sodium nitrate, disodium hydrogen phosphate,
lead nitrate, copper nitrate hydrate, calcium nitrate, magnesium nitrate, and sodium bicar-
bonate were purchased from Sinopharm Reagent Co., Ltd. (Shanghai, China). Cadmium
nitrate and sodium humate were purchased from Aladdin Reagent Co., Ltd. (Shang-
hai, China). The 2,4,6-trihydroxy-1,3,5-benzenetricarboxaldehyde (Tp) and 4,4’-diamino-
[1,1’-biphenyl]-2,2’-dicarboxylic acid (DBd) were purchased from Chinese Academy of
Sciences-Yanshen Technology Co., Ltd. (Changchun, China).

2.2. Preparation of Materials

Rice husk biochar (RH) was prepared from air-dried rice husk. Rice husk was py-
rolyzed at 500 °C for 2 h under oxygen-limited conditions in a muffle furnace (KSL, Kejing
Inc., Hefei, China). The RH was ground to pass through a 0.15 mm sieve and then thor-
oughly mixed for further application.

COF was solvothermally synthesized by the co-condensation of 2,4,6-trihydroxy-1,3,5-
benzenetricarboxaldehyde (Tp) and 4,4’-diamino-[1,1’-biphenyl]-2,2'-dicarboxylic acid
(DBd), with acetic acid serving as a catalyst. Briefly, 1.60 mmol of Tp and 2.40 mmol of DBd
in 120 mL N, N-dimethylacetamide (DMAC)/dioxane (1:11) and 10 mL acetic acid solution
(6 mol L~1) were mixed in a 200 mL Teflon-tube under ultrasonication. The mixture was
subsequently transferred into a 200 mL Teflon-lined autoclave for solvothermal reaction at
120 °C for 3 days. After the reaction, the precipitate was filtered, washed several times with
dioxane, methanol, acetone and tetrahydrofuran (THF), and dried at 40 °C for 12 hin a
vacuum. The COF was ground to pass through a 0.15 mm sieve and then mixed thoroughly
for further experiments.

RH (2.00 g), serving as a raw material, was added to 80 mL ethylene glycol under
ultrasonication. Subsequently, an additional 6 mL of ammonium hydroxide was intro-
duced, and the resulting mixed solution was transferred to a Teflon-lined autoclave for
solvothermal reaction at 180 °C for 10 h. After the reaction was concluded, the precipitate
was filtered, washed repeatedly with distilled water, and dried in a vacuum at 40 °C for
12 h. After pretreatment, the RH was ground to pass through a 0.15 mm sieve and then
mixed thoroughly for further application.

The synthesis process of the COF-modified rice husk biochar composite (RH-COF)
was identical to that of COF, except that 0.80 g of pretreated RH was added to the mixed
solution prior to ultrasonication.

2.3. Characterization of Materials

The pH value of the material was determined by weighing a 0.3 g sample and placing
itin a 15 mL centrifuge tube, adding 6 mL ultra-pure water, mixing it well, and oscillating
for 1 h at 180 r-min~! at 25 °C. Subsequently, the pH value of the sample solution was
determined using a pH meter (STARTER 3100/F, Ohaus Inc., Changzhou, China) [14]. The
contents of C, N, O, and H in the samples were quantified using a Vario Max CHNS-O-C1
Analyser (Elementar Analysysteme GmbH, Hanau, Germany) [27]. The structural char-
acteristics and elemental composition of the samples were examined via field emission
scanning electron microscopy (FE-SEM) (S-4800, Hitachi, Tokyo, Japan) [28,29]. The specific
surface area and pore size distribution of the samples were determined with an ASAP
2020 M+C specific surface analyser (Micromeritics, GA, Atlanta, USA) and analyzed by
the Brunauer—-Emmett-Teller (BET) and Barret-Joyner-Halenda (BJH) methods with N,
adsorption isotherms, respectively. The functional groups of the samples were identified
utilizing Fourier transform infrared spectroscopy (FI-IR, Nicolet i510, Thermo, Waltham,
MA, USA). The surface element analysis was performed by X-ray photoelectron spec-
troscopy (Axis Supra, Kratos, Tokyo, Japan) with an Al Ko source (hv = 1486.6 eV) [14]. The
surface charge properties of the samples were investigated by zeta potential measurements
at varying equilibrium pH values using Zeta PALS (Malvern, Malvern City, UK) [30].
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2.4. Batch Adsorption Experiments

The adsorption performance of Cd** by RH and RH-COF was investigated by batch
adsorption experiments in a 15 mL polyethylene centrifuge tube. The Cd(NOj3), solution in
an electrolyte background of 0.01 mol L~! NaNO3 was mixed with either RH or RH-COF
atadosageof2g L~ The pH of the Cd(NO3), solution was adjusted to the desired values
using 1 mol L~1 HNOj3 and 1 mol L~! NaOH.

The Cd?* adsorption kinetics experiments were carried out with 0.20 g of either RH or
RH-COF in 100 mL solution containing either 100 or 250 mg L~! Cd?* (pH = 5) in a series of
250 mL glass conical flasks. The samples were periodically withdrawn (048 h) and filtered
through a 0.45 um PES water filtration membrane (Keyilong Lab Equipment Co., Ltd.,
Tianjin, China). The concentration of Cd?* in the filtrate was determined by an inductively
coupled plasma optical emission spectrometer (ICP-OES, Optima 7000DV, PerkinElmer,
Waltham, MA, USA) after dilution with 2% HNOj solution. Both pseudo-first-order and
pseudo-second-order kinetic models were employed to analyze the kinetic parameters.

The Cd?* adsorption isotherms were established by introducing 0.01 g of RH or
RH-COF into 5 mL of Cd?* solutions with varying concentrations in 15 mL polyethylene
centrifuge tubes. Cd?* concentrations (pH = 5) ranged from 5 to 700 mg L~!. The mixture
was agitated at a speed of 150 rpm at 25 £ 0.5 °C for 48 h, and then the suspension was
filtered through a 0.45 pm PES water filtration membrane to analyze the residual Cd?*
concentrations. The adsorption isotherm parameters were derived using both Langmuir
and Freundlich models.

The influence of pH on the adsorption of Cd?** was assessed across a range from
pH 2.0 to 8.0 with initial pH adjustments using either 1 mol L~! HNO3 or NaOH solu-
tions. Additionally, the effect of ionic strength on the adsorption of Cd** was evaluated
by varying NaNOj; concentrations between 0.001 and 0.100 mol L~!. Furthermore, the
influence of H,PO42~, HCO;3~, Cu®*, Pb?*, Ca%", Mg2+, and HA on the adsorption of
Cd?* were investigated by supplementary additions of HyPO4~ (10~# mol L), HCO3~
(1073 mol L), Cu?* (100 mg L), Pb?* (100 mg L~1), Ca?* (1072 mol L), Mg?* (1072
mol L™1), and HA (1073 mol L~1) with 250 mg L1 Cd?* solution (pH = 5), respectively.
All adsorption experiments were conducted in triplicate.

2.5. Data Processing and Statistical Analysis

All data were presented as the means plus or minus standard deviation. Differences
among treatments were examined using one-way analysis of variance (ANOVA). Data
processing was performed using Origin2017 (OriginLab Corporation, Northampton, MA,
USA), while the statistical analysis was conducted using IBM SPSS Statistics 23 software
(SPSS Inc., IBM, Armonk, New York, NY, USA).

3. Results and Discussion
3.1. Physiochemical Properties of Materials

Field emission scanning electron microscopy (FE-SEM) images of RH, COF, and RH-
COF are presented in Figure 1. The RH sample exhibited a rough surface with an irregular
porous structure and some attached particles, while a spherical COF structure was observed.
The SEM image of the RH-COF composite demonstrated that COF had successfully adhered
to both the surface and pores of the composite.

The physicochemical properties of RH, COF, and RH-COF are summarized in Table 1.
The elemental analysis indicated that a significant alteration in the composition of RH
following modification. The nitrogen content in RH-COF was elevated compared to that in
RH, increasing from 0.96% to 5.40%, thereby suggesting the successful modification of RH
with COFE.
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Figure 1. SEM micrographs of RH (a) at 1000 x magnification, COF (b), and RH-COF (c) at 5000 x

magnification.

Table 1. Physicochemical properties of materials.

Sample
RH COF RH-COF

C (%) 5334 +224a 60.18 £ 1.16b 36.31 £1.20 ¢

N (%) 0.96 £0.03 a 8.88 £0.12b 540 £ 0.05¢

O (%) 1550 £2.72 a 2237 +2.88a 24.08 =691 a

H (%) 4.014+0.27a 561 +0.11b 449 £+ 0.09 ¢
Molar H/C (%) 0.08 0.09 0.12
Molar O/C (%) 0.29 0.37 0.66
Molar (O + N)/C (%) 0.31 0.52 0.81

pH 9.67 £0.04a 795 £0.04b 790 £0.01b
Bet surface area (m? g~ 1) 2.70 37.37 33.41
Average pore width (nm) 9.24 6.12 6.30
Pore volume (cm? g~1) 0.01 0.06 0.05

Different lowercase letters in the table indicate significant differences between treatments at p < 0.05.

Furthermore, the pH of RH-COF was lower than that of RH (pH 9.67) as shown in
Table 1. The pH level of biochar is primarily influenced by its surface functional groups [31].
The observed decrease in pH for RH-COF can be partially attributed to the protonation or
deprotonation reaction occurring on the surface of the composite, which might affect its
adsorption performance during the application [27].

The nitrogen adsorption/desorption isotherms and corresponding pore size distri-
bution curves for RH, COF, and RH-COF are presented in Figure 2. The nitrogen adsorp-
tion/desorption isotherms of RH, COF, and RH-COF exhibited a characteristic IV-type
isotherm with an H3 hysteresis loop, indicating the presence of mesopores in these ma-
terials (Figure 2) [32]. Moreover, the nitrogen adsorption isotherm demonstrated that
following modification RH-COF possessed greater abundance of mesopores compared to
RH (Figure 2a,c).

In terms of the surface properties, post-modification analysis demonstrated an increase
in both the surface area and average pore volume of RH-COF. Specifically, the surface area
of RH-COF increased from 2.70 m? g ! to 33.41 m? g~ !, however, the pore diameter of RH-
COF decreased from 9.24 nm to 6.30 nm due to infilling by COF with a large specific surface
area and pore volume (Table 1). The abundant pores facilitate not only the adsorption of
solute onto the outer surface of RH-COF but also their diffusion into the pore channels
where they can bind to the activated adsorption sites on the inner surface. Notably, since
the pore diameter of RH-COF exceeds that of the cadmium at approximately 0.19 nm, it
exhibits distinctive adsorption performance towards Cd?*.

The analysis of Fourier transform infrared (FI-IR) spectroscopy was carried out
to elucidate the chemical changes of the functional groups on the adsorbent surface.
The FT-IR spectrum of RH (Figure 3) presented distinct peaks corresponding to O-H
(3416 cm ! and 1438 em 1), C=0/C-C (1580 cm ™ '), C-O (1099 cm ™ 1), and Si-O (803 cm ™
and 463 cm 1) [33-37], indicating the presence of carboxyl and hydroxyl functional groups
on the surface of RH [28,38]. In contrast, the FT-IR spectrum of COF presented obvious
peaks for N-H/O-H (3418 cm 1), CH=0 (2850 cm~!), C=0 (1717 cm~!), C=C (1455 cm !
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and 1593 cm 1), as well as C-N (1280 cm 1) [33,36,39,40]. Notably, the FT-IR spectrum of
RH-COF presented minimal variation in the composition of the functional groups com-
pared to either COF or RH. Specifically, the peaks for O-H/N-H (3416 cm ! and 3418 cm™ 1)
and CH=0 (2850 cm~!) were absent, while a significant reduction in the peak intensity
for C=0 (1717 cm~!) was observed along with a shift to a new position at 1709 cm~!.
Additionally, the new peaks corresponding to C=N (1615 cm~!), C=C (1452 cm~! and
1593 cm '), and C-N (1292 cm ™) were identified in the FT-IR spectrum of RH-COF [39—
43]. Therefore, the introduction of nitrogen-containing functional groups (C-N/C=N) and
carbon-containing functional groups (C=C/C=0) in RH-COF demonstrated that successful
loading of COF on RH had occurred. These functional groups are intrinsically linked to the
materials’ physical and chemical properties, and they can influence adsorption capacity.
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3.2. Adsorption Behaviour of Materials for Cd**
3.2.1. Adsorption Kinetics

Adsorption kinetics are crucial for estimating the rate of adsorption and offering valu-
able insights into the adsorption mechanism. The adsorption kinetics of Cd?* on RH and
RH-COF were examined, and the results are shown in Figure 4. The adsorption amount
of Cd?* on RH increased gradually, reaching adsorption equilibrium after approximately
2 h. In contrast, the initial adsorption of Cd?* on RH-COF was rapid, achieving equilib-

rium within 0.5 h, indicating a significant enhancement in the adsorption rate following
modification.
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Figure 4. Adsorption kinetics of Cd?* on RH and RH-COF (initial concentration of Cd**: 100 mg L !
(RH) and 250 mg L~! (RH-COF), adsorbent dosage: 2.0 g L1, pH 5).

To elucidate the adsorption mechanisms, the adsorption kinetics data were fitted to
both pseudo-first-order and pseudo-second-order kinetic models. Detailed information
on these adsorption kinetics and fitting parameters can be found in the Supplementary
Information (Table S1). For both RH and RH-COF, the coefficient of determination (R?)
for the pseudo-second-order kinetic model (0.92 and 0.90) surpassed that for the pseudo-
first-order kinetic model (0.77 and 0.69). This suggests that the adsorption of Cd** by
both materials is more accurately described by the pseudo-second-order kinetic model
than by the pseudo-first-order kinetic model, implying that the adsorption predominately
governs this process. The process of the pseudo-second-order model can be divided into
two distinct kinetic phases. In the initial stage of adsorption, due to the existence of a
large number of adsorption sites on the surface of the adsorbent, the adsorption rate was
fast. The K, value of RH-COF for Cd?* exceeded that of RH (Table S1), suggesting a faster
adsorption of Cd?* on RH-COF compared to its counterpart. However, as time progressed
and available adsorption sites were gradually filled, there was a corresponding decline in
adsorption rate until the adsorption equilibrium was reached where the difference between
their adsorption rates diminished.

3.2.2. Adsorption Isotherms

The influence of varying initial Cd?* concentrations on the adsorption isotherms of
Cd?* by RH and RH-COF was investigated, with results presented in Figure 5. Compre-
hensive details regarding the adsorption isotherms and the model parameters fitted using
the Langmuir and Freundlich models are available in the Supplementary Information
(Table S2). The maximum adsorption capacity of RH-COF for Cd?* surpassed that of RH.
As indicated in Table S2, the Langmuir adsorption capacity of RH-COF for Cd?* reached
58.62 mg g~ !, nearly 14 times greater than that of RH (4.20 mg g~ !). This finding indicates
a significant enhancement in the adsorption capacity of RH for Cd** following COF modi-
fication. Moreover, when compared to previously reported modified biochar adsorbents
and other biocarbon sources, RH-COF exhibited a competitive adsorption capacity for
Cd?* (Table 2), highlighting distinct advantages associated with COF-modified biochar.
According to Table S2, the experimental data for both RH and RH-COF were more accurate
by the Langmuir model (R? = 0.92 and 0.90, respectively) than by the Freundlich model
(R% = 0.83 and 0.84, respectively). The results imply that metal ion adsorption occurred at a
homogeneous surface by monolayer sorption [44].
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Figure 5. Adsorption isotherms of Cd?*on RH and RH-COF (adsorbent dosage: 2.0 g L~1, pH 5,
contact time: 48 h).

Table 2. The adsorption of Cd?* on other modified biochars.

Adsorbent pH Om (mgg1) Reference
RH-COF 5.0 58.62 This study
Magnesium oxide-rice husk biochar composite
(MgO-BCR) 5.0 18.1 [45]
Calcium-based magnetic biochar (Ca-MBC) 6.0 10.1 [46]
Chitosan—pyromellitic dianhydride modified
biochar(CPMB) 5.0 30.12-38.24 [12]
Rice husk - 7.8 [10]
Modified rice husk - 8.58-20.24 [47]
RHB/MgAl-layered double hydroxide-coated
rice husk(MgAl-LDH@RHB) 6.0 27.46/113.99 [48]
. 52.65, 58.62,
RHB 300, RHB 500, RHB 700/RHB 300-Si, RHB ) 76.55/44.75, 47.83 [49]
500-Si, RHB 700-Si ’ 60.37’ o

3.2.3. Effect of Environmental Factors on the Adsorption of Cd?*

The pH plays a crucial role in the adsorption process, influencing not only the pro-
tonation degree of the functional groups on the adsorbent surface but also the chemical
speciation of Cd in the solution [50,51]. This study investigated the effect of an initial pH
range from 2.0 to 8.0 on the adsorption of Cd** by RH and RH-COF, with results illustrated
in Figure 6a. As pH increased, the amount of Cd?* adsorption on RH gradually increased
at a slow rate. In contrast, the adsorption capacity of RH-COF for Cd?* exhibited a sharp
increase as pH transitioned from 2.0 to 4.0, followed by a gradual rise that stabilized be-
yond pH 5.0. At a pH of 2.0, both RH-COF and RH displayed similar and notably low
adsorption capacities for Cd**. However, from pH values ranging between 3.0 and 8.0, the
adsorption capacity of RH-COF was significantly higher than that of RH in this study. The
influence of pH on the adsorption process may be attributed to the electrostatic interactions
and competition between H* and Cd?*. The point-of-zero charge (pHpzc) values for RH
and RH-COF were found to be 2.49 and 2.84, respectively (Figure S1). When the pH falls
below its respective pHpzc, the surface becomes positively charged with an abundance
of available H* occupying potential adsorption sites; consequently, these H* hinder the
binding interactions between Cd?* and adsorbents. As pH increases, the deprotonation on
the adsorbent surface becomes more pronounced, while the competition for binding sites
between Cd?* and H* decreases, resulting in more available binding sites which facilitate
electrostatic interactions leading to enhanced coupling with both RH and RH-COF by Cd?*.
When the pH value exceeds 3.0, the adsorption capacity of Cd?* by RH-COF significantly
surpasses that of RH, a phenomenon attributed to successful introduction of COF with a
high specific surface area and pores, which are favorable for Cd** adsorption.
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Figure 6. Effect of pH (a) and ionic strength (b) on the adsorption of Cdz* by RH and RH-COF (initial
concentration of Cd?*: 250 mg L.~!, adsorbent dosage: 2.0 g L™, contact time: 48 h).

The influence of ionic strength on adsorption can be used to determine the adsorption
type for Cd?*. The impact of ionic strength on the adsorption of Cd?* by RH and RH-COF
was investigated and the results are presented in Figure 6b. The effects of ionic strength
varied between the two materials. As ionic strength increased, the Cd?* adsorption capacity
of RH was drastically decreased by 52.80-65.62%, indicating that Cd** was primarily
adsorbed on the RH surface as outer-sphere complexes, which was nonspecific adsorption.
However, the reduction in adsorption of Cd** by RH-COF was relatively modest, ranging
from 1.68% t010.66% with rising Na* concentration. This indicates that Na* competes with
Cd?* for available adsorption sites in this context. The diverse and abundant functional
groups on RH-COF facilitated heavy metal complexation or coordination; consequently,
the influence of Na* on Cd?* adsorption of RH-COF was weaker than that of RH.

The influences of coexisting ions, including H,PO,~, HCO5;~, Cu?*, Pb2*+, Ca?+, Mg2+,
and HA, on the adsorption of Cd** by RH and RH-COF were investigated, with results
illustrated in Figure 7. The effects of coexisting ions and HA on Cd?* adsorption were
basically in the order of Cu?* > Pb** > Ca?* > Mg2+ > HA, H,PO,~, HCO3~. It was
found that H,PO,~, HCO3~, and HA exert a minimal effect on the adsorption of Cd?*
on RH-COF. Conversely, the adsorption capacity of Cd?* was significantly decreased in
the presence of Cu?*, Pb%*, CaZ*, and Mg2+. For example, the adsorption capacity of Cd*
decreased to 13.44 mg g~ ! and 34.15 mg g~ ! in the presence of Cu?* and Pb?*, respectively,
suggesting a stronger sorption affinity of Cu?* and Pb?* towards RH-COF. Previous studies
demonstrated that certain heavy metals can efficiently inhibit the adsorption of Cd?* due
to competition for available binding sites [52,53].

3.3. Possible Adsorption Mechanism

In this study, a series of advanced characteristic techniques, such as SEM, EDS, FT-IR,
XPS, etc., were used while combining the analysis of surface functional groups and heavy
metal chemical forms to elucidate the possible mechanisms of Cd?* adsorption on RH and
new RH-COF material.

The SEM-EDS spectra of RH and RH-COF after the adsorption of Cd** were thor-
oughly analyzed. The results (Figure 8) showed that the characteristic peaks of Cd appeared
in the EDS spectra, confirming successful adsorption of Cd?* on the surface of the adsor-
bents. Furthermore, SEM mapping was conducted on RH and RH-COF following the
adsorption of Cd?* to investigate the final form of the resultant products. Figure 8 verifies
that Cd was effectively adsorbed by RH and RH-COF. Notably, the distribution of Cd in
the mapping diagram was relatively uniform and closely coincides with that of O. This
observation suggests that the oxygen-containing functional groups present on both RH
and RH-COF may significantly facilitate the adsorption of Cd?*.
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The pHpzc values of RH and RH-COF were relatively low (Figure S1), resulting in the
surface of both adsorbents being negatively charged in aqueous solutions, which facilitated
the adsorption of Cd?*. When the pH exceeded the pHpzc, deprotonation occurred on
the surface of RH and RH-COF, allowing for electrostatic interactions that promote Cd**
adsorption. No significant change in the zeta potential was observed for either adsorbent
before or after adsorption, suggesting that electrostatic adsorption plays a role in the
process, but its contribution is somewhat limited (Figure 9). Within a pH range of 3 to §,
the zeta potential of RH-COF was lower than that of RH, suggesting a significantly higher
density of negative charges on the surface of RH-COF compared to RH, so the electrostatic
interactions between RH-COF and Cd?* were stronger. As illustrated in Figure 6a, when
the pH exceeded 3, the capacity of Cd** adsorption by RH-COH surpassed that by RH.
Furthermore, the equilibrium pH following Cd?* adsorption on RH-COF is lower than
that on RH, which indicates a higher concentration of H" in solution without occupying
additional adsorption sites on the surface of RH-COF, consequently, more Cd?* bonded
with it by electrostatic interactions (Figure S2).

—s—RH
—e— RH-COF
--=-- RH-Cd
--e-- RH-COF-Cd

Zeta Potential (mv)

Figure 9. Zeta potential of RH and RH-COF before and after the adsorption of Cd?*.

The FT-IR spectra of RH and RH-COF, both prior to and following the adsorption of
Cd?*, were recorded, with the results presented in Figure 10. After the adsorption of Cd?",
the peak intensities of O-H (3416 cm~!), C=0/C-C (1580 cm~!), C-O (1099 cm~'), and
Si-O (803 cm ™! and 463 cm~!) were markedly weaker and the peak of O-H (1438 cm ™)
disappeared compared with RH (Figure 10a). After the adsorption of Cd?*, a reduction in
the peak intensities for C=C/C=0 (1593 cm 1), C=C (1452 cm 1), and C-N (1292 cm ™)
was observed along with a slight shift in their positions. The disappearance of the C=O
peak at 1709 cm~! was noted, along with new peaks of O-H (1384 cm~! and 3422 cm™!)
emerging relative to RH-COF (Figure 10b). These findings indicated that carboxyl and
hydroxyl groups might form complexes with Cd?* on the surface of both RH and RH-
COF. The absence of the peak corresponding to C=0 indicated surface complexation of
heavy metals through delocalized 7 electrons [51,54], which might be the reason for the
disappearance of the peak of C=0 (1709 cm~!) on RH-COF. Following adsorption, it was
observed that the peak intensities of Si-O (803 cm~! and 463 cm 1) were weaker than those
of RH (Figure 10a), indicating that surface complexation between Si-O and Cd?* occurred
on the RH surface [45,55].

To elucidate the adsorption mechanism of Cd** by RH and RH-COF, XPS analysis was
conducted on RH and RH-COF after Cd?* adsorption, with results presented in Figure 11.
The survey spectra of RH and RH-COF after the adsorption of Cd?* showed the presence
of new peaks corresponding to Cd 3d, indicating the successful adsorption of Cd** onto
the surface of both materials (Figure 11a,b). Following adsorption, the binding energies for
the Cd3ds,, and Cd3ds/; levels in RH were observed at 405.94 eV and 412.74 eV as well as
at 406.52 eV and 413.32 eV, respectively (Figure 11c), indicating the formation of CdCOj3
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and Cd(OH), or Cd-O complexes [56-58]. This implied that Cd?* is coordinated to oxygen
functional groups (OFGs) on the surface of RH [57,58]. As shown in Figure 11d, the binding
energies for Cd3ds/, (405.23 eV) and Cd3ds,, (412.03 eV) levels in RH-COF indicated
a similar formation of Cd-O, Cd(OH),, and CdCO; [59,60], alongside the coordination
interactions between amino and Cd?* [58], or the chelation involving Cd ion and four

‘O [61,62].

Transmittance (%)

Figure 10. FT-IR spectra of RH (a) and RH-COF (b) before and after the adsorption of Ccd?.
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Figure 11. XPS spectra for RH (a) and RH-COF (b) before and after cadmium uptake, XPS spectra of
Cd3d for RH (c) and RH-COF (d) after cadmium uptake, XPS spectra of Cl1s for RH (e) and RH-COF
(f) before and after cadmium uptake, XPS spectra of Ols for RH (g) and RH-COF (h) before and
after cadmium uptake, and XPS spectra of N1s for RH (i) and RH-COF (j) before and after cadmium
uptake.

Following the adsorption of Cd?*, a slight shift was observed in four characteristic
peaks of RH in the Cls spectra (Figure 11e), including C-C/C=C (284.75 eV), C-O (285.54
eV), C=0 (287.84 eV), and CO32~ /O=C-O (289.59 eV) [59,63-65]. The peak area correspond-
ing to CO32~ /O=C-O increased from 0.64% to 5.25% (Table S3). This finding indicated that
CdCO; precipitation may be formed after Cd?* is adsorbed by RH. Three characteristic
peaks of RH were identified in the Ols spectra, including C=0 (531.62 eV), C-O/OH
(533.34 eV), and O-C=0 (534.28 eV) [63,66,67]. After the adsorption of Cd?*, the binding
energies of the peaks showed a slight shift, and the peak areas of C-O/OH and O-C=0
decreased by 27.54% and 3.51%, respectively (Figure 11g) [63,66,67]. This indicated that
the hydroxyl and carboxyl groups were involved in the adsorption of Cd?*. After Cd?*
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adsorption of RH-COF, the binding energies of C=0 (531.52 eV), C-O/OH (533.20 eV),
and O-C=0 (534.32 eV) exhibited minor shifts as well (Figure 11h) [63,66,67], concurrently,
and the peak areas of C-O/OH and O-C=0 decreased from 37.54% and 13.79% to 16.69%
and 7.58%, respectively (Table S3). This further suggested that the hydroxyl and carboxyl
groups contribute to the adsorption mechanism. At the same time, the peak of O-C=0 in the
Cl1s spectra disappeared (Figure 11f), indicating that carboxyl groups play a predominant
role in the adsorption of Cd?* by RH-COF.

Following adsorption, the binding energies and the peak area of N1s of RH exhib-
ited no significant changes (Figure 11i), suggesting that the nitrogen-containing functional
groups in RH are not involved in the adsorption process. As shown in Figure 11j, three char-
acteristic peaks of RH-COF were identified in the N1s spectra, including -NH, (400.01 eV),
C-N (400.45 eV), and C=N (402.14 eV) [67-70]. After the adsorption of Cd?*, the binding
energies of the peaks belonging to -NH; and C-N shifted to 399.39 eV and 400.08 eV, respec-
tively, while the peak areas of -NH; and C-N increased by 0.73% and 6.83%, respectively.
However, the peak of C=N disappeared. This indicated that the nitrogen-containing func-
tional groups in RH-COF reacted with Cd?*, and that amino functional groups may play
an important role.

Based on the above results, it can be inferred that carboxyl, hydroxyl, and carbonate
functional groups play an important role in the adsorption of Cd** on RH, primarily
forming COO-Cd or Cd-O complexes and CdCOj precipitates. Furthermore, the oxygen-
containing and nitrogen-containing functional groups present on the surface of RH-COF
enhanced the adsorption capacity of Cd?*.

In summary, the findings from SEM-EDS, zeta potential, FT-IR, and XPS analyses
indicated that the potential adsorption mechanisms of Cd?>* by RH were dominated by
surface complexation and surface precipitation, along with electrostatic adsorption. Con-
versely, the adsorption of RH-COF on Cd** was mainly caused by surface complexation
and chelation, along with electrostatic adsorption, surface precipitation, and Cr—cation
interactions. The mechanism diagram is illustrated in Figure 12.
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Figure 12. The mechanisms of Cd** adsorption onto RH and RH-COF.

4. Conclusions

In this work, rice husk biochar was used as the pristine material and a novel covalent
organic framework-modified biochar was successfully synthesized via an in-situ polymer-
ization method with Tp and DBd. The resultant COF-modified biochar composite was
comprehensively characterized by elemental analysis, BET analysis, SEM, FI-IR, and XPS,
confirming the successful modification of the COF on rice husk biochar. In comparison with
RH, the pH decreased while the pHpzc value increased for RH-COEF. Additionally, there
was an enhancement in both the types and quantities of nitrogen- and oxygen-containing
functional groups on the surface of RH-COF. The composite demonstrated efficient extrac-
tion and preconcentration of Cd?* in aqueous solutions, with a maximum Cd?* adsorption
capacity of 58.62 mg g~ !, which was nearly 14 times greater than that of RH. Furthermore,
RH-COF exhibited superior adsorption kinetics compared with RH, indicating that COF
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modification provided additional active adsorption sites for Cd?*. The pseudo-second-
order model and the Langmuir model effectively described both the kinetics and isotherms
for Cd?* adsorption onto RH-COF, and chemisorption on the monolayer surface played a
dominant role in Cd?* removal in this study. Notably, the adsorption performance of Cd**
by RH-COF was hardly influenced by pH values ranging from 4.0 to 8.0. However, ionic
strength could regulate the Cd?* adsorption capacity of RH-COF slightly, while certain
coexisting ions had more pronounced effects. Mechanistic analysis revealed that the ad-
sorption of Cd?* by RH-COF was dominated by surface complexation and chelation, along
with electrostatic adsorption, surface precipitation, and Cm—cation interactions. Overall,
the findings from this study suggest that the synthesis of COF-biochar combined material
could be a promising tool for remediation efforts targeting contaminated water.

Supplementary Materials: The following supporting information can be downloaded at https:
/ /www.mdpi.com/article/10.3390/toxics12100717/s1, Figure S1: Zeta Potential of RH and RH-COF;
Figure S2: Equilibrium pH after adsorption of Cd?* by RH and RH-COF at different initial solution
pH; Table S1: Adsorption kinetic parameters of Cd?* on RH and RH-COF (initial concentration of
Cd?*: 100 mg L~! (RH) and 250 mg L~! (RH-COF), adsorbent dosage: 2.0 g L~!, pH 5); Table S2:
Isotherm parameters of Langmuir and Freundlich for the adsorption of Cd** on RH and RH-COF
(adsorbent dosage: 2.0 g L=!, pH 5); Table S3: The Relative ratio of peaks in C1s, N1s and Ols
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Abstract: The environmental release of zinc oxide nanoparticles (ZnO-NPs) may have
consequences for ecosystems. The behavior and environmental effects of ZnO-NPs could
change due to their interactions with other existing substances. This research explored
how the presence of coexisting organic pollutants (like tetrabromobisphenol-A (TBBPA)),
electrolytes (such as NaCl and CaCl,), natural organic materials (including humic acid
(HA)), and bovine serum albumin (BSA) in simulated water affected the behavior of ZnO-
NPs. Various characterization techniques were used to analyze the size, shape, purity,
crystallinity, and surface charge of ZnO-NPs following interactions (after one day, one
week, two weeks, and three weeks) at pH 7. The findings demonstrated changes in both
the size and zeta potential of the ZnO-NPs in isolation and when TBBPA and electrolytes
were included in the suspension. The size and surface charge exhibited different variations
across fixed concentrations (5 mM) of various electrolytes. HA and BSA contributed to
the dispersion of ZnO-NPs by affecting the zeta potential. These dispersion effects were
also observed in the presence of TBBPA and salts, attributed to their substantial aliphatic
carbon content and complex structures. Potential interaction forces that could explain the
adsorption of TBBPA include cation bridging, hydrophobic interactions, hydrogen bonding,
electrostatic interactions, and van der Waals forces. The co-occurrence of organic pollutants
(TBBPA) and natural organic compounds (HA and BSA) can alter the surface properties
and behavior of ZnO-NPs in natural and seawater, aiding in the understanding of the fate
and impact of engineered nanoparticles (such as ZnO-NPs) in the environment.

Keywords: zinc oxide nanoparticles; tetrabromobisphenol-A; salts; adsorption; zeta
potential; aggregation

1. Introduction

Zinc oxide nanoparticles (ZnO-NPs), a type of inorganic mineral filter, are widely
incorporated into various consumer products, such as cosmetics, paints, electronics, and
textiles. Their popularity stems from their ability to effectively absorb and reflect ultraviolet
(UV) radiation, providing protection and enhancing product durability [1-3]. ZnO-NPs
are commonly produced inorganic substances, having around 10 million tons of total
worldwide output [4,5]. ZnO-NPs rank as the third most widely produced metal-based
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ENPs worldwide, following silicon dioxide (SiO,) and titanium dioxide (TiO,), with annual
production estimates ranging from 550 to 33,400 tons. Their release into water, soil, and
sediments raises concerns about potential environmental risks, as their nanoscale size,
high surface-area-to-volume ratio, and toxic properties can negatively impact various
organisms, including plants, animals, microbes, and humans [6-8]. Adverse effects on
marine life, such as sea urchins, have been documented [9], and daphnia [10], mammals [11],
earthworms [12], marine diatoms (Thalassiosira pseudonana) [13], and plants [14] have also
been reported. Likewise, the accumulation and harmful effects of ZnO-NPs from sunscreens
in seawater have been documented [15]. Studies show that exposure to these nanoparticles
can lead to growth inhibition, DNA damage, and oxidative stress in marine algae [15].

Various modeling studies based on material flow suggest that ZnO-NPs are released
into surface water at concentrations ranging from 0.008 to 0.055 ug/L, while wastewater
treatment plant effluents contain between 0.34 and 1.42 pg/L [16,17]. Estimated concen-
trations of ZnO-NPs in different natural environments have also been reported, including
sediment (1.8-5.7 ug/kg/y), soil (6.8-22.3 ug/kg/y), and sludge (136-647 pug/kg/y) [18].
In the United States, wastewater treatment influent has been found to contain ZnO-NPs
at levels between 20 and 212 pg/L [19]. Additionally, studies have detected the release of
engineered nanoparticles (ENPs), including ZnO-NPs, from sunscreens into swimming
pool water [20]. It is estimated that around 10-25% of manufactured ZnO-NPs may enter
the environment and accumulate in freshwater systems [21]. The release of ZnO-NPs up to
0.05-10 pg/L (estimated based on model studies) in surface waters in the United States has
been investigated [22].

The physical, chemical, and eco-toxicological behaviors of ZnO-NPs are critical for risk
assessment upon their release into natural environments (e.g., recreational and swimming
waters, wastewater and seawater bodies). Environmental factors, such as electrolytes, pH,
organic and inorganic compounds, polymers, light, and heat, can significantly influence
the behavior and toxicity of ZnO-NPs [23-25]. These interactions can have a substantial
impact on their fate and behavior. The presence of proteins, such as BSA, humic substances,
ultraviolet radiation, and salinity, can affect their interaction mechanisms [25-27]. For
instance, organic pollutants, like brominated flame retardants, including polybrominated
diphenyl ethers and hexabromocyclododecane, influence the physicochemical properties of
ZnO-NPs in aqueous environments under certain conditions [28,29]. However, the potential
formation of complex compounds through interactions with metal oxides and polymeric
substances has not been accounted for. Studies indicate that upon interacting with HA, ZnO-
NPs undergo dispersion and exhibit alterations in surface charge [30]. Electrolytes influence
the stability of ZnO-NPs, leading to agglomeration at high salt concentrations due to
electrical double-layer compression and reduced energy barriers [31-33]. The electrostatic
attraction between BSA and the ZnO-NPs surface promotes adsorption, leading to reduced
agglomeration and flocculation [34]. The hydrophobic nature of organic pollutants assists
them in interacting with and sorbing onto the active sites of ZnO-NPs in aquatic systems.
This process is driven by electrostatic and hydrophobic interactions, 7t— stacking, van der
Waals forces, ligand exchange, hydrogen bonding, and molecular bridging effects [35,36].

TBBPA remains one of the most widely used brominated flame retardants. In 2016,
around 241,352 tons were produced, primarily in China, the USA, and the Middle East [37].
China produces approximately 180,000 tons of TBBPA annually [37]. TBBPA is primarily
used in epoxy resins and polycarbonate, which are found in products such as electronics,
furniture, keyboards, and other items [38]. TBBPA has been detected in indoor air and
dust [39,40], sediments [41], soils [42], water [43], and sewage sludge, leading to its presence
in the food chain [44]. TBBPA levels have been reported in various water bodies worldwide.
In the River Skerne, a tributary of the River Tees in England, concentrations ranged from
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undetectable to 9800 ng/g dw. An unidentified river in the Netherlands had concentrations
between 0.1 and 130 ng/g dw [45], while levels in South Korea’s Nakdong River varied
from 0.05 to 150 ng/g dw [46]. In eastern and southern China, TBBPA was found at
concentrations ranging from below detection limits to 4870 ng/L [47]. Similarly, in the
USA, measurements in the Detroit River and other industrial areas revealed concentrations
between 600 and 1840 ng/L [45]. In China, TBBPA levels of <0.4 to 259 ng/g dry weight
were detected in 52 sludge samples from 30 wastewater treatment plants [48].

The release of TBBPA and its derivatives leads to widespread contamination through
multiple pathways, particularly when TBBPA interacts with co-contaminants. The co-
presence of TBBPA with other compounds in water may impact the fate and behavior
of zinc oxide NPs, but knowledge of the interaction mechanisms involved is currently
lacking [25,28,49]. This research highlighted altered behavior of ZnO-NPs when interacting
with TBBPA, an organic contaminant, under different environmentally relevant conditions
in the water. Specifically, the study evaluated the changes in the physicochemical properties,
particle size colloidal stability, and ZnO-NPs’ zeta potential before and after they interacted
with TBBPA in simulated aquatic environments containing electrolytes, bovine serum
albumin (BSA), and humic acid (HA). The findings are crucial for evaluating the potential
exposure to ZnO-NPs and associated contaminants under specific water conditions.

2. Materials and Methods
2.1. Chemicals

ZnO-NPs and electrolytes were acquired from Sigma-Aldrich Australia (Melbourne),
and their properties were detailed in a previous study [28]. Briefly, most nanoparticles
were less than 100 nm in diameter, with some particles reaching >100 nm due to ag-
glomeration. X-ray diffraction (XRD) analysis confirmed that these samples exhibited a
hexagonal wurtzite structure. TBBPA (3,3 ,5,5-tetrabromobisphenol-A, 97%, CAS: 79-94-7,
Ci15H12BrsOy, MW: 543.87 g/mol, mp: 178-181 °C), HA (humic acid technical, CAS:
53680-50G), and BSA (bovine serum albumin lyophilized powder, >96%, CAS: 9048-46-8,
water soluble at 40 mg/mL for agarose gel electrophoresis) were also purchased from
Sigma-Aldrich Australia and used in the study.

2.2. Interaction Between ZnO-NPs and TBBPA

To prepare the stock suspension of ZnO-NPs, 0.1 g of ZnO-NPs was added to 1 L of
Milli-Q water and sonicated for 10 min. Different TBBPA concentrations were synthesized
in Milli-Q water with the ZnO-NPs suspension (0.1 g/L), specifically, 0, 0.5, 1, 10, 50, 100,
200, and 500 pug/L, as well as 1, 5, and 10 mg/L. The increased levels of TBBPA were utilized
to enhance the observable effects of interactions measurable by the zeta sizer and particle
size analyzer, aiding in the comprehension of the interaction mechanisms. Detecting
such alteration effects at environmentally relevant concentrations of TBBPA is challenging
because of the constraints in characterization procedures. NPs underwent analysis through
techniques including size assessment, zeta potential measurement, dissolution testing,
adsorption analysis, TEM, and infrared, both before and following their association with
TBBPA at different time points, specifically after one day, and one, two, and three weeks,
to evaluate the alterations in behavior of associating NPs compared to the behavior of the
pure ones.

Fixed concentrations (such as 5 mM) of two salts (such as NaCl and CaCl,) were
utilized to examine their impact on NPs’ stability both independently and in conjunction
with TBBPA. The influence of HA was also assessed with and without the presence of 10
and 500 pg/L of TBBPA. To prepare the stock solution, HA was added in 0.1 M NaOH
solution. Zinc oxide NPs and HA mixers in a range of concentrations were prepared with
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or without TBBPA. Additionally, the effects of BSA, another organic compound found in
nature, on the behavior of ZnO-NPs were studied regarding any modifications in size,
shape, and zeta potential of NPs in relation to TBBPA, electrolytes, HA, and BSA.

The dispersed samples were subjected to centrifugation at 18,407 RCF (relative cen-
trifugal force) for 30 min using an Eppendorf Centrifuge 5424 (Sigma-Aldrich, Taufkirchen,
Germany). The supernatants were transferred into new 10 mL centrifuge tubes for sub-
sequent analyses, including dissolved zinc and LC-MS analysis. The quantity of TBBPA
that adhered to dissolved NPs was assessed after interactions of one day and two weeks.
The amount (mg/g) of TBBPA that was adsorbed (Q;) was calculated using the formula:
Qr = w, where Cy and C; denote the concentrations of TBBPA in the aqueous
solution (ng/L or mg/L) before and following the sorption experiments, respectively. Here,
V (mL or L) indicates the volume of the solution, while W represents the mass (mg or
g) of the ZnO-NPs. Sample pH was kept at 7 by employing a buffer made of potassium
dihydrogen phosphate.

2.3. Characterization Techniques

To study morphological changes, including those in water suspensions and after
exposure to TBBPA, HA, BSA, and salts, nanoparticles were deposited on TEM grids for
observation. Surface areas of ZnO-NPs were analyzed using a Micromeritics TriStar II
system, an X-ray diffraction (XRD) system (Empyrean Malvern Panalytical), and field
emission scanning electron microscopy (FE-SEM), as described in previous research [28].
FTIR was utilized to detect interactions (functional groups). ZnO-NPs were isolated from
the suspension through high-speed centrifugation before FTIR analysis. Changes in NPs’
charge and size, individually and after exposure to TBBPA, HA, BSA, and electrolytes
in Milli-Q water, were examined using a Malvern Panalytical Zetasizer. The dissolved
zinc concentration was determined through inductively coupled plasma optical emission
spectroscopy (ICP-OES; Agilent, Manchester, UK). Additionally, an Agilent LC-MS system
was employed to quantify TBBPA adsorption and its associations.

3. Results and Discussion
3.1. Interaction Between ZnO-NPs and TBBPA

Changes in the surface structure, particle dimensions, and ZnO-NPs’ surface charge
were noted after they interacted with different concentrations of TBBPA. NPs’ electric
potential and size were measured after one day, one, two, and three weeks of exposure
(see Figures 1 and S1). To verify interactions, TBBPA adsorption and FTIR analysis were
conducted (refer to Figure 2a,b). The levels (concentrations, mg/L) of dissolved Zn were
assessed both beforehand and following interactions with TBBPA (illustrated in Figure 2c).
TEM analysis was carried out (after zero and one day of interaction) to examine the
characteristics of NPs (depicted in Figures 3 and S2).

Size and surface charge: Changes in both surface charge and particle size were noted
after interacting with different concentrations of TBBPA. When varying amounts of TBBPA
were added to zinc oxide NPs (one day), the peak of the particle size distribution curve
(PSDC) for the ZnO-NPs remained within the range of 143 to 222 nm, while the overall
particle size varied from 106 to 955 nm (Figures 1a and Sla). Minor fluctuations in size at
the peak of PSDC and across measured sizes after one day could result from the relatively
short duration of contact between the nanoparticles and TBBPA. These results indicate that
the interaction (ZnO-NPs + TBBPA) could depend on the duration of their coexistence. A
notable elevation in size was perceived after a week of association (peak of PSDC rising to
166—222.5 nm). There was no observed upward trend in particle size from concentrations
of 0.5 to 100 nug/L TBBPA. Nevertheless, there was a rise in the peak of size when the
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concentration of TBBPA rose from 200 pg/L to 10 mg/L. The variation in size distribution
of nanoparticles was affected by TBBPA due to coating or adsorption of organic materials on
the surface [24,25]. Throughout the interaction period, ZnO-NPs showed an increase in size,
with notable growth observed (one day to three weeks). Enlargement could be due to the
formation of large particles or subsequent sedimentation because of particles” associations
with each other. Initially, NPs were uniform in size following suspension preparation, but
after one week of interaction, the particles became nonuniform (polydisperse). TBBPA may
block the active sites of the nanoparticles, keeping them dispersed [50,51], which could be
reflected by the ZnO-NPs’ sizes.
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Figure 1. ZnO-NPs’ sizes at the peak of PSDC (a) and electrical potential (b) after one day and one to
three weeks of association with TBBPA. Original particle size at the peak of PSDC was 166 nm for
one day and 222.5 nm for one week, and the zeta potential was —46.5 mV for one day, —39.0 mV for
one week, —11.3 mV for two weeks, and —9.0 mV for three weeks. Where, “-” represents minus sign
in Figure 1b.

The analysis of TEM showed NPs’ dispersion and size reduction after 0 h and 1 day
of interaction (refer to Figure 3). The particles observed between one and three weeks
appeared in a polydisperse state, also indicated by their zeta potential (see Figure 1b).
Adsorption analysis was conducted to measure the quantity of TBBPA that adhered to NPs,
as detailed in the subsequent segment.

A decline in electrokinetic potential resulting from particle-to-particle interactions was
noted from one day to three weeks of engagement. Nonetheless, the inclusion of different
concentrations of TBBPA postponed the rapid reduction in electrokinetic potential over
various periods. The changes in the electrical potential suggested that TBBPA covered
the surface of the large structure of the ZnO-NPs and reversed their aggregation as the
zeta potential increased. The values of zeta potential indicated that the ZnO-NPs showed
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increased stability in solution due to their distribution in the presence of TBBPA. This
dispersion behavior could be linked to the extensive molecular structure of TBBPA, which
likely coats the surface of the nanoparticles. This process is similar to the interaction
between humic substances and NPs [25-28,52,53].
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Figure 2. Adsorption (a), FTIR (b), dissolution (c), and XRD (d) analyses of ZnO-NPs after interaction
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Figure 3. TEM analysis of the ZnO-NPs before and after one day of interaction with TBBPA. Bare ZnO-
NPs (a-d), ZnO-NPs + 0 pg/L TBBPA after one day of interaction (e-h), and ZnO-NPs + 10 mg/L
TBBPA after one day of interaction (i-1). From left to right, the scales of images are 100 nm, 50 nm,

20 nm and 5 1/nm.

However, an increase in size was observed with a relatively small decrease in zeta
potential from 500 pg/L to 10 mg/L of TBBPA after one week. With aging, the polydis-
persity of NPs increased (unequal attachment of the large molecular structure of TBBPA,
affecting the overall size). TBBPA is a molecule with two hydroxyl groups and four
bromine atoms attached to a central phenyl ring. Owing to the ionization characteristics
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of TBBPA in water [54], it can undergo ionization due to the presence of its hydroxyl
groups. The presence of more hydroxyl groups due to higher TBBPA concentrations re-
strained the overall surface charge to a greater degree than their size. The diffraction
pattern (Figure 31) of ZnO-NPs + 10 mg/L TBBPA after one day was more amorphous
(less crystalline) than that of ZnO-NP + 0 pg/L TBBPA (Figure 3h). However, the peak
of PSDC of zinc oxide NPs + 0 nug/L TBBPA particles was smaller (such as 166 nm) than
that of the ZnO-NP + 10 mg/L TBBPA particles (such as 222 nm), which could be due
to the sorption of TBBPA molecules onto the surface of the nanoparticles, resulting in
less crystallinity (amorphous) after one day of interaction. Notably, some particles were
sedimented /attached to the walls of the tubes from the time of preparation of the mixtures
(samples) to three weeks of interaction; hence, whatever was present in the suspension
form was analyzed.

Adsorption, FTIR, dissolution, and XRD analyses: The adsorption of TBBPA indicated
the presence of interactions between NPs and TBBPA after one day and two weeks of
associations (Figure 2a). Quantity of TBBPA adsorbed onto NPs’ surface diminished after
two weeks related to the amount observed after one day for higher concentrations (such
as 500 ng/L, 1,5, and 10 mg/L) of TBBPA. A range of interaction mechanisms may play
a role in the adsorption of TBBPA onto the ZnO-NPs, including electrostatic interactions,
hydrophobic interactions (such as 7t— stacking, electron donor-acceptor interactions, and
van der Waals forces), as well as hydrogen bonding [55].

When ZnO-NPs are exposed to water, hydrolysis commonly leads to generation of
hydroxide layers (Zn(OH)(Z q)) on the nanoparticle surface. This occurs as water molecules
are adsorbed onto the particles both chemically and physically [56,57]. This could result in
development of many positive charges on NPs’ surfaces, attracting deprotonated (TBBPA™)
forms of TBBPA, which carry a negative charge to be sorbed on NPs’ surfaces. Initially
(such as after one day of interaction), ZnO-NPs may have a high affinity for adsorbing
TBBPA molecules because of the availability of active sites on their surface. However, the
dispersion of NPs (polydispersed) due to adsorption of TBBPA (large molecular structure)
led them to settle and decreased further adsorption with increasing time. Like HA, TBBPA
may also form complexes with Zn ions released from the ZnO-NPs over time [58]. These
complexes could alter the adsorption behavior of TBBPA and contribute to its desorption
from the ZnO surface. This behavior resembles that of HA molecules, as the dispersion of
ZnO-NPs might also be due to the complexation of zinc ions with anionic HA, leading to
the creation of a larger complex structure [58] in which HA binds zinc ions.

FTIR analysis was performed on ZnO-NPs, TBBPA, and the ZnO + TBBPA mixture
after one day of interaction to further investigate the interaction of TBBPA with the surface
of the ZnO-NPs (Figure 2b). A peak at 430 cm ™! was observed, indicating Zn-O occur-
rence [28,59], which is typical of metal oxide spectra (400-600 cm 1) [60,61]. For pure
TBBPA powder, a vibrational peak between 500 and 700 cm ! was identified, correspond-
ing to the stretching vibration of (C-Br) bonds in the organic pollutant. The 670 cm ™!
peak was attributed to C—X stretching in organic halogen compounds, where X represents
Br [62]. These peaks were also present in both TBBPA and ZnO-NPs after exposure to
TBBPA [28,63]. Furthermore, peaks at 1145 and 1620 cm ! were linked to C-O stretching
and the skeletal vibration of aromatic C=C bonds within the TBBPA structure [63]. C-H
bending and C=0O stretching were detected at 1369 and 1623 cm ™!, respectively [62,64].
Such peaks appeared in TBBPA and ZnO + TBBPA, confirming that bonding occurred
between them. Additionally, peaks at 2987 cm~! and 3424 cm™~! were associated with
C-H/O-H stretching, C-H asymmetric stretching, and the water band [28,62]. FTIR data
supported the existence of bonds in NPs after TBBPA interaction (one day), suggesting that
TBBPA molecules accumulate on NPs’ surfaces. This observation aligns with the elemental
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analysis, which detected Br and C in the nanoparticles. The concentrations of dissolved
zinc from NPs alone and those combined with different concentrations of TBBPA were
assessed in this research (Figure 2c). Following a day of engagement, the levels of dissolved
zinc increased, when TBBPA was present compared to when it was absent, and this pattern
continued to be evident even after three weeks of interaction. It can be inferred that TBBPA
facilitated the dispersion of NPs after an extended interface period (2-3 weeks).

Figure 2d shows the XRD study. NPs exhibited distinct peaks at 26 values of 31.84°,
34.6°, and 36.5°, confirming NPs” hexagonal wurtzite crystal structure with three specific
orientations: (1 0 0), (0 0 2), and (1 0 1) [57]. These findings suggest that the crystal
structure of NPs remained stable after exposure (one day). On the other hand, after three
weeks of association (Figure 2d), peak strengths at (1 0 0), (0 0 2), and (1 0 1) decreased.
Additionally, two crests appeared at 20 angles of 9.68° and 19.40°, which might signify
creation of different composites, zinc hydroxide dihydrate (Zn5(OH);o-2H,0) [65] and zinc
phosphate [66], respectively. Peak intensities were lower for ZnO-NPs containing 10 mg/L
of TBBPA compared to the sample that was in water, which could be because of TBBPA
molecules covering ZnO-NPs’ surfaces (Figure 2d).

TEM: The initial ZnO nanoparticles (ZnO-NPs), obtained from Sigma-Aldrich, were
agglomerated (size: 100 nm or less) with various shapes (see Figure 3a,b). The lattice
pattern observed (Figure 3c) along with the glittering spots/rings (Figure 3d) confirmed the
crystalline nature of the ZnO-NPs. The EDAX analysis conducted confirmed the occurrence
of zinc and oxygen [28]. The diffraction pattern (Figure 3d) revealed the crystalline/lattice
arrangement of the ZnO-NPs [28,67-70] which was comparatively dull/had fewer bright
spots (Figure 3h) after their interaction than the original ZnO-NPs in powder form. The
presence of both zinc and oxygen was also observed (Figure S2).

Following the interaction with TBBPA, the ZnO-NPs displayed highly random and
dispersed structures (Figure 3ij), in contrast with the original particle arrangement
(Figure 3a,b). A high-resolution TEM image (Figure 3k) illustrated the dispersion pat-
tern of the ZnO-NPs after exposure to the large and complex molecular structures of TBBPA
(Figure 3c, and with 0 pg/L of TBBPA in Figure 3g). In contrast to the pure ZnO-NPs,
cloudy spots (Figure 3l) indicated altered NPs” morphology following their association
with organic pollutant molecules (TBBPA). Elemental analysis indicated the existence of
oxygen, zinc, bromine, and carbon atoms, as well as potassium and phosphorus, which
came from the buffer (Figure S2).

3.2. Influence of Salts on the Interaction Between ZnO-NPs and TBBPA

Varying concentrations of cations and anions in ecosystem media can influence the
physical and chemical characteristics of ZnO nanoparticles [19]. The stability of these
systems is primarily determined by the charge present on the NPs’ surfaces. Environmental
elements, such as pH, ionic strength, and the existence of organic materials in the solution,
also have an impact on the surface charge. To assess their impact on NPs’ stability, both
individually and in the existence of TBBPA, fixed concentrations (for instance, 5 mM) of
NaCl and CaCl, were utilized. The following section explains the outcomes.

Hydrodynamic size: Changes in NPs’ sizes were recorded both in Milli-Q H,O and
with TBBPA (at concentrations of 10 and 500 pg/L), as well as when combined with a
consistent concentration (5 mM) of salts (NaCl and CaCl,), over periods of interaction
(see Figures 4a and S3). After one day, NPs’ size at the peak of PSDC enlarged with the
occurrence of NaCl and CaCl,. This indicated that the salts had a predominant effect, likely
due to the compression of the double layer resulting in a smaller hydrodynamic diameter
and increased aggregation, even when TBBPA was also present. The introduction of 5 mM
CaCl; caused a significant increase in particle size, exceeding the upper limit of the zeta
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sizer’s measurement range (which goes up to 10 microns). Only the size of the measurable
portion was reported (refer to Figures 4a and S3).
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Figure 4. The size at the peak of PSDC for the ZnO-NPs (a) and zeta potential (b) after one day, one
week, two weeks, and three weeks of interaction in the presence of electrolytes. The original particle
sizes of the ZnO-NPs at the peak PSDC were 214 nm for one day and 560 nm for one week, and the
zeta potentials were —43.9 mV for one day, —39.9 mV for one week, —13.7 mV for two weeks, and
—5.3 mV for three weeks. Where, “-” represents minus sign in Figure 4b.

Compared with that after one day, NPs’ size in buffered water was examined to
increase after one week. However, no significant increase in size was examined in the
presence of TBBPA. The presence of salts shifted NPs’ size after one week. Compared with
NPs alone, NPs with the existence of NaCl (5 mM) revealed a similar and steady increase
in particle size, as the size increased from 560 nm (NPs in Milli-Q H,O after one week) to
1290 nm (the size of the ZnO-NPs in the presence of 5 mM NaCl after one week). Various
concentrations of CaCl, had the same effect on the size of the ZnO-NDPs. The measurable
size has been reported (Figures 4a and S3). These findings imply that NPs’ sizes grew
as cations gathered on negatively charged NPs’ surfaces because of electrostatic forces.
Hydrogen bonding and van der Waals forces further amplified this process, resulting in an
overall increase in particle size [11,28,35].

The interaction of ZnO-NPs with low concentrations of TBBPA (e.g., 10 or 500 ug/L)
was studied by introducing salts. The addition of these salts impacted the hydrodynamic
properties of the ZnO-NPs, as more ions accumulated around the charged nanoparticles.
Furthermore, when NaCl was present, the large TBBPA molecules coated and dispersed the
nanoparticles after one week of exposure. NPs’ size alone varied greatly with time because
of the aggregation/polydispersity effect. It was challenging to observe the size behavior of
ZnO-NPs at environmentally relevant concentrations of co-contaminants over time, as evi-
denced by the measurement of TBBPA in solution after interaction with the nanoparticles.

Surface charge: The electrokinetic potential of zinc oxide NPs diminished from
—43.9mV to —39.9, —13.7, and —5.3 mV after intervals of 1 day, 1, 2, and 3 weeks, re-
spectively (Figure 4b). The noticeable decline in NPs’ electric potential might be attributed
to the agglomeration of multiple NPs due to hydrogen bonding, van der Waals forces, and
hydrophobic interactions. A comparable reduction in the surface charge magnitude was
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noted in the presence of TBBPA (for concentrations of 10 and 500 pg/L). This zeta potential
decrease was less pronounced than that observed with the ZnO-NPs, likely due to the
dispersion effect resulting from TBBPA’s large molecular structure. Nevertheless, the aging
effect also played a substantial role. Likewise, the introduction of salts modified the NPs’
electrokinetic potential (Figure 4b). It can be inferred that cation concentrations built up
around the surfaces of nanoparticles that carried a negative charge, leading to a higher
overall surface charge. A similar trend was noted regarding the dimensions of NPs, which
grew larger in the existence of salts (Figures 4a and S3).

Dissolution: The concentration of dissolved zinc (mg/L) was assessed using ICP-OES
(Figure 5). Over several weeks of association, NPs’ size enhanced (aggregation followed
by deposition), which led to a reduction in specific surface area and subsequently limited
dissolution. Moreover, in the presence of CaCl,, a decrease in dissolution was noted
compared to all other samples, potentially linked to increased agglomeration caused by the
bridging effect of Ca?*. Additionally, nanoparticles tended to attach and settle within the
low-density polyethylene tubes.

7.0
OAfter 1 day interaction B After 1 week interaction
- 6.0 B After 2 weeks interaction B After 3 weeks interaction
8
g
o 50
=)
B
2 40
2 1
.2
a 30 F
20 |
1.0
0.0 ] L s L s L " L o L b
ZnO ZnO, 10 ZnO, 500 ZnO,5mM ZnO, 10 Zn0, 500 ZnO,5mM ZnO, 10 Zn0, 500
ng/L ng/L NaCl ug/L ug/L CaClz ng/L ng/L
TBBPA TBBPA TBBPA,5 TBBPA,5 TBBPA,5 TBBPA,5
mM NaCl mM NaCl mM CaCl. mM CaCl.

Figure 5. Dissolved zinc concentration (mg/L) after one day and after one, two, and three weeks
of interaction.

TEM analysis: TEM analysis (Figures 6 and S4) and elemental mapping (Figure S4)
were conducted to examine the behavior of ZnO-NPs in the presence of TBBPA and varying
concentrations of CaCl, after 0 h and 1 day of interaction. A drop of the prepared solutions
was directly placed on the TEM grid for observation. After one day of interaction, a
dispersion effect, caused by the complex and aliphatic nature of TBBPA, was evident, with
more nanoparticles being coated in the occurrence of 10 mg/L of TBBPA compared to 0 h
(Figures 6a,b and 54). This finding aligns with the electrokinetic potential and particle size
data from the zeta analyzer (Figure 4a,b). SAED images revealed a reduction in crystallinity
after one day compared to the initial time point. Elemental mapping also detected Zn,
P, O, K, Br, and C (Figure S4). Aggregation with thick or shaded layers of CaCl, was
noted. After one day, both covered (CaCl, coatings) and scattered (due to TBBPA) ZnO-NP
were observed at both 5 and 10 mM CaCl; concentrations. The diffuse diffraction patterns
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(Figure S4) could be attributed to the thick layers of TBBPA and salts on the nanoparticle
surfaces. The bigger TBBPA molecules facilitated the NPs’ dispersion after one day.

Figure 6. TEM images after 0 h and 1 day of interaction in solution (drops were taken on a TEM
grid from the solution). ZnO, 10 mg/L TBBPA (a,b), ZnO, 10 mg/L TBBPA, 5 mM CaCl, (c¢,d), ZnO,
10 mg/L TBBPA, and 10 mM CaCl, (e,f).

3.3. Influence of HA on TBBPA and ZnO-NPs’ Interaction

Particle size: The size of ZnO-NPs in buffered water, exposed to varying concentrations
of TBBPA (10 or 500 pg/L), different levels of HA (1, 5, or 10 mg/L), and combinations of
TBBPA and HA, was assessed after 1 day and 1-3 weeks (Figures 7a and S5). Size elevations
were observed. This enlargement may be attributed to the formation of larger and/or
sedimented particles, resultant from interactions between particles, as well as electrostatic
and hydrophobic forces. Initially, the NPs were monodispersed. After one week, the
nanoparticles displayed nonuniform characteristics (polydisperse). By the one to three
weeks period, the particles were highly polydisperse, a pattern that was also revealed in
their surface charge (Figure 7b). The distribution and dimensions of NPs in the occurrence
of 1,5, and 10 mg/L of humic acid diminished after one week of interaction, in contrast to
the measurements recorded on day one (Figures 7a and S5). After two and three weeks,
samples became highly polydisperse, and their size exceeded the measurement range of
the dynamic light scattering analyzer, as some samples exhibited scattering behavior. A
similar trend was observed for ZnO-NPs exposed to different concentrations of TBBPA (10
and 500 png/L), when combined with HA (Figures 7a and S5). This dispersion is likely due
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to HA, with its large aliphatic carbon network, which may have capped the nanoparticle
edges, promoting their dispersion. Coexistence of both TBBPA and HA influenced the
NPs’ size in a manner distinct from the effect seen with either TBBPA or HA individually.
The distribution and NPs’ size increased (resulting in agglomerated particles) when only
ZnO-NPs or those in conjunction with TBBPA were present (an observable desorption
pattern occurred over time (Figure 7a), which facilitated accumulation of NPs following
several weeks of interaction). Conversely, when varying concentrations (1, 5, and 10 mg/L)
of HA were present, NPs’ size decreased (leading to polydispersal). This dispersal behavior
of NPs might be linked to the occurrence of HA, which could mitigate their aggregation
tendencies [32,44].
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Figure 7. The size of ZnO-NPs at the peak of PSDC (a) and zeta potential (b) after one day and after
one, two, and three weeks of interaction in the presence of various concentrations of TBBPA and HA
at pH 7 and room temperature (i.e., 20 °C). The original particle size of ZnO-NPs at the peak of PSDC
is 166 nm (one day) and 1413 nm (one week), and the zeta potential is —46.1 mV (one day), —30.5 mV

(one week), —12.8 mV (two weeks), and —5.0 mV (three weeks). Where, “-” represents minus sign in

Figure 7b.

Zeta potential: Electrokinetic potential results are shown (Figure 7b) and explained in
this section. The strength of NPs’ electrokinetic potential, both independently and with
TBBPA, showed a decline (one day to three weeks). Nevertheless, the decline in surface
charge was less pronounced for the ZnO-NPs in the presence of TBBPA compared to those
without it (Figure 7b). Additionally, the presence of HA led to a further reduction in zeta
potential, in comparison to the samples without HA. A higher concentration of HA played a
significant role in mitigating the reduction in electric potential, unlike lower concentrations
of HA, such as 1 mg/L HA (Figure 7b) [31].

The previously mentioned data on electrical potential indicated that the clustering
behavior of pure ZnO nanoparticles in water may stem from van der Waals forces, electro-
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static interactions, and hydrophobic effects. NPs’ aging, both alone and alongside TBBPA,
could modify the NPs’ electrical potential, resulting in increased sedimentation in water
due to a reduction in stability in aqueous conditions. When comparing the effects of pure
ZnO nanoparticles with and without TBBPA, the existence of humic acid changed the
surface charge in an opposing manner. HA compounds covered the NPs’ surfaces and
effective sites due to their higher aliphatic carbon content compared to TBBPA molecules,
which led to a reduced likelihood of TBBPA adhering to the surfaces of the nanoparticles.
This also promoted better dispersion of the nanoparticles.

Dissolution: ZnO-NPs’ dissolution, whether by themselves or alongside different
concentrations of TBBPA, HA, and their combination, was examined in Milli-Q water at a
pH of 7 (Figure 8). The availability of zinc, either in its dissolved state or as an ionic form,
poses potential toxicity to microorganisms, including microflora [58,71]. The existence
of additional compounds in water can affect the dissolution of ZnO-NPs [72]. After one
day, concentration of dissolved zinc was higher when various concentrations of HA were
present compared to when HA was absent, and this pattern continued even after two weeks
of interaction. It can be postulated that HA facilitated the dispersion of the nanoparticles
after extended interaction periods (like two to three weeks), and the increased dispersion
might result from van der Waals forces, electrostatic forces, and hydrophobic interactions.
Additionally, this might be attributed to the complexation of zinc ions with the anionic HA,
leading to the formation of a larger complex structure. These findings align with those
posited in [58] that HA binds zinc ions.
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3.4. Influence of BSA on the Behavior of ZnO-NPs

The effect of bovine serum albumin (BSA), a natural protein found in ecological
water, on the stability of ZnO-NPs was investigated (Figures 9a,b and S6). BSA plays
various physiological roles, including transporting, binding, and distributing fatty acids
and steroids [73]. In this study, BSA was selected as a model protein due to its water-
soluble properties.

Hydrodynamic size: Initially, after one day, NPs’ sizes increased in the presence of BSA
(Figure 9a). The BSA molecule, with a large molecular mass of 66,400 Da and consisting
of approximately 583 amino acids linked in a single cross-linked chain with 17 cysteine
residues [74], contributed to this increase. However, after one week of incubation, the pres-
ence of BSA reduced the size of the ZnO-NPs. The resulting dispersion effect was similar
to that observed when other large molecular materials, like humic acid [28], interacted
with the nanoparticles. As the concentration of BSA increased, NPs’ sizes, measured at the
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with the typical interactions between BSA and metal ions, which can lead to a decrease
in the protein’s configuration due to the disruption of disulfide bonds. This results in a
partial loss of the x-helix structure, unfolding of the protein, or changes in the polarity
of the surrounding environment, which may affect the exposure of tryptophan residues
due to molecular interactions. These reactions include excited-state processes, molecular
adjustments, energy transfer, complex formation, or collision quenching [74].
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Figure 9. ZnO-NPs’ sizes at the peak of PSDC (a), zeta potential (b) (after one day, one week, and
three weeks), dissolution (c) (after one day, one week, two weeks, and three weeks), and FTIR
(d) (after one day) of interactions with BSA. The original particle sizes of the ZnO-NPs at the peak
PSDC were 140.7 nm after one day and 648.5 nm after one week, and the zeta potentials were
—44.0 mV after one day, —28.3 mV after one week, and —8.0 mV after three weeks. Where, “-”
represents minus sign in Figure 9b.

Zeta potential: Figure 9b shows the surface charge values on the surface of the ZnO-
NPs before and after interactions with BSA at various time intervals. Compared with that
after one day, the overall surface charge (magnitude) of the ZnO-NPs diminished after
several weeks of interaction. Similarly, NPs’ electrical potential with varying concentrations
of BSA also decreased in magnitude after one day (Figure 9b), aligning with the findings
from the particle size analysis (e.g., the size increased after one day; Figure 9a). This
suggests that BSA, as a frothy substance, quickly coated the nanoparticles, causing the
formation of large clusters, as confirmed by TEM analysis (only for 0 h and 1 day of
interaction; Figures 10 and S7). However, after several weeks of interaction, the surface
charge did not decrease compared with that of the ZnO-NPs, implying that the dispersion
revealed the protein patterns of the BSA molecules. These findings were further supported
by the size (Figure 9a) and TEM (Figures 10 and S7) analyses. The sizable and intricate
molecular structure of the BSA protein molecules tended to envelop the ZnO-NPs, causing
their dispersion, which in turn influenced their zeta potential.
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Figure 10. TEM images of ZnO + 10 mg/L BSA after 0 h (a) and 1 day (b) of interaction in solution
(drop taken on a TEM grid from the solution).

Dissolution: The NPs’ dissolution was evaluated both on its own and in conjunction
with different concentrations of BSA in Milli-Q water at a pH of 7 (Figure 9c). After a day,
the dissolved zinc concentration was higher when BSA was present at various levels (such
as 5 and 10 mg/L) compared to when it was absent, and this pattern continued even after
two weeks. It can be inferred that BSA aided in dispersing the nanoparticles following a
prolonged interaction period (of 2-3 weeks), and the enhancement in this dispersion may
be attributed to electrostatic forces, van der Waals interactions, and hydrophobic forces.

FTIR: FTIR spectra of ZnO-NPs with BSA were examined after one day (Figure 9d).
The peak at 430 cm ™! in the spectrum of the pure ZnO-NPs confirmed the existence of
Zn-O [28,59]. The peak at 430 cm~! represented the existence of metal oxides (such as
ZnO). This peak was visible for pure ZnO-NPs (Figure 9d). However, after interactions
with BSA, the intensity of the peak was not detectable by infrared spectroscopy. It could be
assumed that BSA molecules (10 mg/L) adsorbed on NPs’ surface and generated coated
layers that may have affected the detection of the ZnO-NP peak at 430 cm~!. As a result,
the BSA layer might absorb or scatter the incident light in a way that reduces/weakens
the intensity of the ZnO peak at 430 cm~!. The peak at 640 cm ™! in both samples was
attributed to the secondary amide (N-H) [62] present in the BSA molecules. Notable bands
in BSA included amide III at 1240 cm~!, which was not observed at the same peak location
in the ZnO + BSA sample, amide II at 1539 cm ™!, and amide I at 1655 cm ™! [75]. This could
be due to the presence of interacting BSA molecules on NPs’ surface. The peaks observed
at 945 and 1010 cm~! could be attributed to the stretching of metal (zinc) and nitrogen
bonds present in ZnO + 10 mg/L BSA after their interaction [62]. The peaks at 1110 cm !
and 1395 cm ! likely corresponded to C-O stretching and C-H stretching found in the
organic BSA protein [62]. The peaks at 2360 cm ™! and 3424 cm™~! were associated with
C-H/O-H stretching, C-H asymmetric stretching, and the water band, respectively [28,62].
These observations suggest that BSA interacted with NPs’ surfaces through 7 stacking as
well as other molecular forces, including electrostatic and van der Waals interactions. The
interactions further involved hydrophobic —m stacking and hydrogen bonding between the
active sites, such as oxygen-functionalized groups in water and oxygen/nitrogen groups
within the protein molecules [76].

TEM: To assess the aggregation and dispersion behavior of ZnO-NPs in the presence
of BSA at different time points, a TEM analysis was conducted by placing a drop of the
solution directly onto the TEM grids (Figures 10 and S7). Initially, at 0 h, the nanoparticles
remained undispersed, likely due to the binding forces exerted by the proteins, aided by
hydrogen bonding and electrostatic and hydrophobic interactions. However, after one day
of interaction with BSA molecules, the ZnO-NPs were observed to disperse (Figures 10 and
S7), which could be attributed to the extensive coverage of nanoparticles by BSA molecules.
Diffraction images (Figure S7) revealed bright spots at 0 h, indicating the crystalline nature
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of the ZnO-NPs, while after 1 day, the patterns appeared diffuse and cloudy, suggesting
a reduction in NPs’” purity and crystallinity due to the interaction with BSA. Elemental
mapping (Figure S7) at both time points confirmed the presence of nitrogen, oxygen, zinc,
and carbon in the ZnO + 10 mg/L BSA samples. The presence of potassium (K) and
phosphorus (P) was traced back to the buffer solution, which was used to maintain the pH
at7.

4. Conclusions

This research illustrated the surface and structural characteristics of ZnO-NPs under
different environmental conditions, both before and after their interaction with co-occurring
electrolytes, an organic pollutant (TBBPA), HA, and BSA over different periods, including
one day, one week, two weeks, and three weeks of interaction. After engaging with
environmental agents, ZnO-NPs were not found in their original forms due to alterations
in particle size and shape. The inclusion of electrolytes enhanced the aggregation of
charged ZnO-NPs by reducing the level of surface charge. The interaction mechanisms
could be attributed to electrostatic forces, van der Waals forces, and particle—particle
interactions, such as cation bridging. The large molecular structures of HA, BSA, and
TBBPA contributed to a decrease in the particle size of the ZnO-NPs due to a dispersion
effect. Changes in the shape, size, and surface charge of the ZnO-NPs were noted following
their interaction with the co-contaminants, affecting the dynamics and behavior of the
ZnO-NPs in aquatic environments.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/toxics13030148 /s1. Figure S1: Particle size distribution of ZnO-
NPs after 1 day (a) and 1 week (b) of interaction with TBBPA; ZnO-NPs 0.1 g/L, pH 7. Figure S2:
Compositional analysis of ZnO-NPs with TBBPA after 1 day of interaction. Figure S3: Particle
size distributions of the ZnO-NPs after 1 day (a) and 1 week (b) of interaction in the presence of
electrolytes at pH 7 and room temperature (i.e., 20 °C). Figure S4: TEM images (elemental mapping)
of various contaminants after 0 h and 1 day of interaction in solution (drop taken on a TEM grid from
the solution). Figure S5: Particle size distributions of the ZnO-NPs after 1 day (a) and 1 week (b) of
interaction in the presence of various concentrations of TBBPA and HA at pH 7 and room temperature
(i.e., 20 °C). Figure S6: Particle size distribution of the ZnO-NPs after 1 day (a) and 1 week (b) of
interaction in the presence of various concentrations of BSA at pH 7 and room temperature (i.e.,
20 °C). Figure S7: TEM images (elemental mapping) of ZnO + 10 mg/L BSA after 0 h and 1 day of
incubation in solution (drops taken on a TEM grid from the solution).
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Abstract: This study aims to build, for the first time, a model that uses a machine learning
(ML) approach to predict long-term retrospective PM; 5 concentrations in upper northern
Thailand, a region impacted by biomass burning and transboundary pollution. The dataset
includes PMy levels, fire hotspots, and critical meteorological data from 1 January 2011
to 31 December 2020. ML techniques, namely multi-layer perceptron neural network
(MLP), support vector machine (SVM), multiple linear regression (MLR), decision tree
(DT), and random forests (RF), were used to construct the prediction models. The best
ML prediction model was selected considering root mean square error (RMSE), mean
prediction error (MPE), relative prediction error (RPE) (the lower, the better), and coefficient
of determination (R?) (the bigger, the better). Our study found that the ML model-based
RF technique using PM;g, CO,, O3, fire hotspots, air pressure, rainfall, relative humidity,
temperature, wind direction, and wind speed performs the best when predicting the
concentration of PMy 5 with an RMSE of 6.82 ng/m3, MPE of 4.33 pig/m?3, RPE of 22.50%,
and R? of 0.93. The RF prediction model of PMj 5 used in this research could support further
studies of the long-term effects of PM, 5 concentration on human health and related issues.

Keywords: PM,; 5 prediction; retrospective prediction; long-term prediction; machine
learning; fire hotspots

1. Introduction

Air pollution has been an issue in upper northern Thailand for several years, and the
haze situation that has been caused by forest fires is a significant factor in this problem [1-4].
This burning causes a pollution problem throughout the dry season, which typically lasts
from the end of February to the middle of April [1-4]. It is likely that exposure to specific
environmental pollutants could have long-term effects and risk factors that contribute to
an increased probability of sustaining lung cancer [5]. During this period, the amount of
particulate matter smaller than 10 and 2.5 microns (PM;y and PMj; 5) in the atmosphere
exceeds the standards of Thailand. Moreover, the PM; 5 concentrations measured during
the sampling period of 24 h exceeded the PM; 5 Thailand Ambient Air Quality Standard
(50 ug/m3) by less than 30.60% (112 days in 2019) [6].

In this region, there is a significant gap in research on the long-term health effects of
PM, 5 exposure, primarily due to the lack of comprehensive, long-term retrospective data
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on PM; 5 concentrations. The absence of data complicates the understanding of the impact
of long-term air pollution exposure on health, particularly on lung cancer, cardiovascular
diseases (CVDs), and chronic obstructive pulmonary disease (COPD) [5]. The lack of
comprehensive long-term datasets limits the development of reliable evidence-based public
health policies. In Chiang Mai, upper northern Thailand, PM; 5 monitoring was started in
2011, while PM; 5 data later became available in Lampang in 2018 and in other provinces
in 2019, including Chiang Rai, Lamphun, Phayao, Phrae, Nan, and Mae Hong Son, owing
to the limitations of resources. The importance of this work extends beyond regional
limits, as the modeling methodology may be modified for application in other areas facing
comparable problems with air quality. The combination of multiple sources of data, such
as air pollutant concentrations, fire hotspot information, and meteorological variables,
provides a thorough methodology for fulfilling the essential requirement for historical
PMj, 5 data in environmental health research. In upper northern Thailand, PM;( has been
widely monitored for more than 20 years [7]. Predicting the results of PM; 5 values using
PM; [8-10] and fire hotspot data [11,12] with critical meteorological data [13,14] allows
the study of the long-term effects of past exposure to PM; 5 on various health problems.

In previous studies, predictive methods have used multivariate statistical analysis,
but in the last two decades, artificial intelligence technology using machine learning (ML)
has been applied to create a model for forecasting or predicting air quality with an ability
to predict results that are better than operational air quality measurements [15,16]. As a
result, a wide range of research studies have been conducted that have applied various
machine learning techniques such as artificial neural networks (ANNs) and support vector
machines. Random forests classification has also been used to create a model for air quality
prediction [15,16]. Studies on the model for predicting PM; 5 and PM;y concentrations
revealed that various machine learning algorithms, capable of managing intricate and
non-linear relationships among air quality variables, can effectively predict the value of
new, unseen data with remarkable efficiency and precision [15-19]. ANNSs are techniques
for machine learning that mimic the neural activity of the human brain, appearing like
nodes arranged in one or more layers. The nodes communicate with each other and store
information in the form of the weight of each line connecting the nodes. This technique can
retain knowledge that it has acquired and has been used in many tasks, including pattern
recognition, bioinformatics, prediction, and other applications in many fields [19]. MLP
neural networks are also widely used in predictive modeling. ML models provide highly
accurate prediction results for PM; 5 and PMjo dust content [15,17-19]. This is the first
time a model has been built that uses an ML approach to predict long-term retrospective
PM, 5 concentrations in upper northern Thailand, a region impacted by biomass burning
and transboundary pollution. The modeling framework developed here could not only
be applied to northern Thailand, but also adapted to other regions with similar air quality
issues. Furthermore, the retrospective study of PM; 5 data usually encounters spatial and
temporal limitations due to the absence of government-provided monitoring stations for
PMj, 5 measurement in upper northern Thailand over the past decade. Therefore, several
critical factors warrant the development of an ML model to predict retrospective PM; 5.
Additionally, this integrative strategy not only bridges gaps in direct monitoring, but also
advances our understanding of how exposure to these environmental factors could have
long-term effects and risk factors that cause health issues. The main objective of this study
is to apply ML methods to create a model for predicting retrospective PM; 5 values using
air pollutant concentrations, fire hotspot data, and meteorological data.
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2. Materials and Methods
2.1. Descriptions of the Data

Air pollutant concentrations including PM; 5, PMjg, CO,, SO, NO,, and Oj3; fire
hotspot data; and critical meteorological data including air pressure, rainfall, relative
humidity, temperature, wind direction, and wind speed from 1 January 2011 to 31 December
2020 were collected from eight of the upper northern provinces of Thailand—Chiang Mai,
Lampang, Chiang Rai, Lamphun, Phayao, Phrae, Nan, and Mae Hong Son—using the
official database of the Pollution Control Department (PCD). In the PCD’s monitoring
station, PM; 5 and PM;( concentrations were measured via the tapered element oscillating
microbalance method (TEOM) and then averaged at the data center to produce a time series
of the daily mean of air pollutant concentrations and meteorological data. Air quality and
meteorological data were collected as daily mean values from fixed monitoring stations
operated by the PCD in each province. All datasets were aggregated on a daily basis
and assigned a location number, e.g., 35t and 36t represent Chiang Mai province. This
synchronization ensured that the model used co-located information from all data sources
for each day. The PCD’s monitoring stations, located in eight of the provinces of upper
northern Thailand, are shown in Figure 1.
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Figure 1. The Pollution Control Department (PCD)’s monitoring stations in upper northern Thailand.

The daily fire hotspot number was retrieved from NASA’s Fire Information for Re-
source Management System (FIRMS). In this research, we obtained fire hotspot data from
the MODIS Terra and Aqua Collection 6.1 via the NASA Level-1 and atmospheric archive
and distribution system [20].

2.2. Predictive Model

The PM; 5 prediction models were constructed by employing twelve input parameters:
(1) PMyg, (2) COy, (3) SO,, (4) NO,, (5) O3, (6) fire hotspots, (7) air pressure, (8) rainfall,
(9) relative humidity, (10) temperature, (11) wind direction, and (12) wind speed. The PM; 5
data were collected during different time periods for each province—in 2011 for Chiang
Mai, 2018 for Lampang, and 2019 for Chiang Rai, Lamphun, Phayao, Phrae, Nan, and Mae
Hong Son. The SO, data were not available for Mae Hong Son province, and the NO, data
in this province were incomplete and inconsistent. So, we built the predictive model of
PM; 5 based on the data from Chiang Mai province, which has the oldest, longest, and most
complete air quality and meteorological data from two monitoring stations (Figure 1).
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Among 6974 records from Chiang Mai province used as training data, the amounts
of missing data were 0.06% for NO,, 0.20% for SO;, 0.68% for rainfall, 1.15% for CO,,
1.15% for Os, and 47.57% for air pressure. We compared the performance of the model
when using different numbers of features: (1) all 12 input features, (2) 11 input features
(without SO,), and (3) 10 input features (without SO, and NO;).

The predictive models were built using supervised ML. The models were trained
on a labeled dataset, meaning that each input data point had a corresponding output,
which was the PM, 5 concentration. The goal was for the model to learn the relationship
between each input feature and the output so that it could predict the output for unseen
data. One of the ML techniques used in this study was multi-layer perceptron (MLP),
which is one of the most popular supervised neural network modelling techniques. It
has been widely used in pattern recognition, bioinformatics, and computer vision and
control systems [21]. MLP is a modern feed-forward neural network that consists of fully
connected neurons or nodes. The nodes have a non-linear activation function, which is
responsible for processing and giving answers to the next connecting nodes. It is usually
trained using the backpropagation algorithm. Additionally, MLP consists of at least three
layers of node networks: an input layer, a hidden layer, and an output layer [22]. In this
study, we constructed MLP models using both a single hidden layer and two hidden layers.
We employed the Levenberg-Marquardt backpropagation learning technique for both
MLP models. We employed the Sigmoid activation function for the hidden layer and the
Linear activation function for the output layer in a single hidden-layer configuration. The
learning rate was 0.1, the momentum rate was 0.8, and the number of nodes varied from
1 to 50. Furthermore, for the MLP with two hidden layers, we employed the Sigmoid
activation function for the hidden levels and the Linear activation function for the output
layer. The learning rate was set at 0.1 and the momentum rate at 0.8, and the quantity
of hidden-layer nodes varied from 1 to 30. We also used support vector machine (SVM),
which is a kernel-based classification method. In general, it has to compute a linear function
in a higher dimensional feature space, where the lower dimensional input data are mapped
using a kernel function. It is used extensively in many fields such as prediction, pattern
recognition, and classification [23]. This study involved constructing SVM models that
utilize three distinct kernels: Linear, Polynomial, and Radial Basis functions. We employed
grid search as the optimization method. The maximum objective evaluation and the
maximum iteration were both set at 100. Multiple linear regression (MLR), which we
also used, is a statistical model that estimates the relationships between one dependent
variable and more independent variables by fitting multiple lines to the observed data.
MLR extends a simple linear regression to include more than one explanatory variable to
predict the outcome of a response variable [24,25]. Moreover, it is a widely used technique
in many fields such as social sciences research, econometrics, and financial inference.
In this study, we constructed the MLR model by using the “regress()” function for the
multiple linear regression with a 95% confidence interval and setting epsilon (¢) to 0.
Another technique we used was decision tree (DT), which is one of the general-purpose
computationally intensive statistical algorithms for prediction and classification, artificial
intelligence, machine learning, and knowledge discovery. DT has to do with using a
procedure or rule repeatedly to generate subsetting of the target subject of data according
to the values of associated input subjects to make partitions, and associated descendent
leaves or nodes of the tree, that contain progressively similar intra-node target values and
progressively dissimilar inter-node values at any given height of the tree [26]. This study
involved the construction of a DT regression model utilizing a grid search optimizer, with
the objective evaluation maximum set as 30. Random forests (RF) is another technique we
used and is one of the famous ensemble machine learning techniques. Researchers have
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widely used it due to its good performance and simple usage [27,28]. This technique uses
multiple decision trees. The trees’ predictors are taught using random sample data, and
the distribution is the same for the predictors of all trees in the forest. The primary voting
method is used to choose the greatest number of identical answers (majority voting). In this
study, we developed an RF model with the following hyperparameters: the number of trees
was set as 10, the maximum depth of the trees was set as 5, and the number of learning
cycles for the trees was set as 200. The experiments in this work were performed using
MATLAB R2018a. A summary of the hyperparameter settings for the machine learning
models for the dataset from Chiang Mai province (air quality data, meteorological data,
and fire hotspots) is shown in Table S1.

2.3. Model Validation

The best ML prediction model was selected considering the root mean square error
(RMSE), mean prediction error (MPE), relative prediction error (RPE) (the lower, the better),
and coefficient of determination (R?) (the bigger, the better) [29-31]. Additionally, in the
evaluation of each run, 10-fold cross-validation [32] was implemented, dividing the dataset
into 10 equally sized folds. In each iteration, 1 fold was designated as the validation set,
with the remaining 9 folds used for training. This procedure was repeated until every fold
had been used as the validation set once. This validation was applied to the dataset, which
was divided into 70% for training and 30% for testing.

2.4. Prediction Evaluation Visual Check

The predicted PM; 5 was compared with the observed data to evaluate the perfor-
mance of the model. Visual inspection was used to confirm that the predicted and observed
data were aligned as their two-way plots were on the identical line. The RMSE, R2, MPE,
and RPE were provided in addition to the graphical check. We performed the evaluation
for both seen data (data for training model) and unseen data (data for testing model). This
research used data from Chiang Mai province, which has the oldest, longest, and most
complete data, for the visual check of the training data. Additionally, data from eight
provinces were employed for the visual check of the unseen data.

3. Results

The air quality data, meteorological data, and data on fire hotspots in Chiang Mai
province were separated into two parts, a dataset for training and a dataset for testing. The
performances of the ML models—MLP, SVM, MLR, DT, and RF—are shown in Table 1.

Table 1. Performances of ML models for PM; 5 prediction using different numbers of features.

Prediction Performances

Methods 10 Features (Lv(i)t:;out 50, and 11 Features (Without SO,) 12 Features

RMSE R? MPE RPE RMSE R? MPE RPE RMSE R? MPE RPE
MLP (1 Hidden Layer) 72287 09211 47944 2383 72136 09214 4.8845 2384  7.1802 09221 48121 2373
MLP (2 Hidden Layers) 73328 09181 48184 2424 73265 09189 4.8822 2419 72367 09210 4.8854 2391
SVM (Linear Kernel) 10.7402 0.8223 82057 3551  11.1608 0.8111 84791 36.79  11.7684 0.7752 92530  38.99
SVM (Polynomial Kernel) ~ 12.9420 0.7367 10.2391  42.70 125287 07602 9.8174 4138  12.1642 07621 89826  40.08
SVM (RBF Kernel) 120770 0.7748 89261 3991  12.6847 0.7539 9.6007 41.82  12.1247 0.7755 9.0067  40.01
MLR 7.7423 09103 52223 2555  7.7415 09103 52270 2555  7.7056 09111 52141 25.44
DT 9.0747  0.8762 5.8224 2996 87843  0.8840 5.5989  29.01 89378  0.8800 5.6141  29.52
RF 6.8242 09306 4.3296 2250  6.8234 09306 42499 2249  6.7615 09318 41954 22.29

Note: RMSE: root mean square error (ug/m?); R?: coefficient of determination; MPE: mean prediction error
(ug/m3); RPE: relative prediction error (%).
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When using all features, the RF model is the best model, considering its lowest RMSE
at 6.7615 pg/m?3, MPE at 4.1954 pug/m?3, RPE at 22.29%, and highest R? at 0.9318. Therefore,
the RF model was selected and used for the next steps of this study.

3.1. Performance of RF Model with Different Features

Based on the dataset from Chiang Mai province, after removing SO,, the RMSE, MPE,
and RPE slightly increased to 6.8234 ng/ m3, 4.2499 ug/ m3, and 22.49%, respectively, and R?
was reduced to 0.9306. The performance of the model without SO, was not different when
compared to the full features model (p > 0.05). When NO, was removed from the reduced
model, the RMSE, MPE, and RPE increased to 6.8242 nug/ m3, 4.3296 ug/ m3, and 22.50%,
respectively, while the R? did not change. No significant change in model performance
was observed when the number of features was reduced to 10. The performance of the
model without SO, and NO, was not different when compared to the full model (p > 0.05)
(Table 2).

Table 2. Comparison between PM; 5 prediction performances of RF model with different features.

Performances 12 Features 11 Features p-Value 10 Features p-Value

Average RMSE 6.7859 6.8110 0.8798 6.8216 0.9397
Average R? 0.9313 0.9308 0.9397 0.9307 0.8798
Average MPE 4.3290 4.2533 0.2568 4.1944 0.3258
Average RPE 22.3740 22.4551 0.9397 22.4884 1.0000

3.2. Performance of RF During PM, 5 Prediction in Eight Provinces in Upper Northern Thailand

The predictive model without SO, and NO; was used to predict PM; 5 in eight
provinces in Northern Thailand. Figure 2 demonstrates the performance of the RF model
on the training data, employing data from Chiang Mai province.
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Figure 2. The performance of the RF model during PM; 5 prediction using training data from Chiang
Mai province.

The value of R? for the model used is 0.9743, while the R? ranged from 0.8797 to 0.9783
for the testing data (Figure 3). The R? was highest in Mae Hong Son province and lowest in
Nan province. The performance of the model considering RMSE, MPE, and RPE indicated
the same direction.
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Figure 3. The performance of the RF model during PM, 5 prediction using testing data from eight

provinces in upper northern Thailand.

115

300



Toxics 2025, 13,170

4. Discussion

From this study, it was found that the RF model was the most effective and had the
highest accuracy in predicting PM; 5 concentrations compared to the other models. This is
consistent with a study by Chen [33] that predicted PM; 5 using eight types of air quality
data, as well as five types of meteorological data. Chen’s study found that using the RF
model was the most efficient way to predict PM; 5, which had a relatively high R? value
of 0.94. In 2023, Vignesh et al. performed a study that employed ML techniques. There
were nine models, and a tool was established to evaluate their performance and accuracy
when predicting PM; 5 concentrations. The research, which was conducted in the United
States, employed air pollution data collected over a period of five years, from 2017 to
2021 [34]. The investigation revealed that the RF model demonstrated high effectiveness
when predicting concentrations of PM; 5, with an R? of 0.77.

The higher concentrations of particulate pollution observed during the dry season
are most likely a result of significant biomass burning, specifically from agricultural ac-
tivities performed in preparation for the next agricultural season. Another issue is the
transboundary transport of air pollution originating from neighboring countries such as
Laos, Vietnam, and Myanmar, which is influenced by meteorological situations. These
elements increase the problem of air quality in upper northern Thailand [35,36]. This study
built a prediction model with data from Chiang Mai province. The unique model can be
applied to eight provinces because of their comparable area characteristics. The primary
factors contributing to air pollution in northern Thailand include biomass combustion,
meteorological conditions, and geographical characteristics [37]. Moreover, a wide range
of parameters have a significant impact on R?, with geographical data being particularly
important. Various variables influence the value of R?, with Mae Hong Son province having
the most significant influence. Mae Hong Son is a small province surrounded by forest.
Mae Hong Son is located close to the Thailand—-Myanmar border. Mae Hong Son province
experiences multiple sources of air pollution, including transboundary effects, forest fires,
and biomass burning, as indicated in prior research conducted by Kliengchuay et al. [38].
Forest fires play an important part in the emission of PM, 5 in this area. The complicated
relationships between meteorological conditions and PMj 5 levels affect the numerous rela-
tions between PM; 5 and meteorology [39], while the lower R? in an area like Nan, which is
a large province, may be influenced by various meteorological parameters such as rainfall,
wind direction, wind speed, temperature, relative humidity, and air pressure. Moreover,
the lack of clarity regarding development across large areas could be contributing to the
lower R? [40,41].

Additionally, this study shows that the RF model is the most effective in predicting
PMj 5, consistent with the findings of research conducted by Chen et al. [33] and Vignesh
et al. [34]. However, our study differs from those studies in that we have included fire
hotspots as a feature in our ML model for PM, 5 prediction, in addition to factors such as the
environment, the climate, and geographical characteristics. The topography, meteorological
data, and agriculture of Southeast Asia significantly contributes to the prevalence of
monoculture farming, resulting in an important number of fire hotspots. These regions
in Southeast Asia show evidence of biomass burning, which emits PM; 5 pollutants [1-4].
Thus, our study employs the number of fire hotspots as one of the important features for
modeling the PMj; 5 predictor.

The retrospective PM, 5 data from our research could be helpful for studying the
long-term effects of PM, 5 concentrations on human health issues such as lung cancer,
cardiovascular diseases (CVDs), and chronic obstructive pulmonary disease (COPD). There
are relatively few studies on the impact of exposure to PM; 5 on lung cancer incidence rates
among Asian populations. There are literature review studies that aim to explore the rela-
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tionship between PM, 5 and lung cancer incidence and mortality. One review study shows
that some studies have found a significant relationship between PM, 5 and the incidence
of lung cancer, but other studies did not find this relationship [5]. The limited number of
studies on the impact of exposure to PM; 5 on lung cancer may be caused by the limited
long-term PM, 5 data, particularly in low- and middle-income countries. Our predicted
PM; 5 data, as shown in Supplementary Table S2, could be included in epidemiological
health outcome prediction models to clarify PM; s-related health risks in upper northern
Thailand. Additionally, investigating the relationships between socio-economic characteris-
tics, healthcare accessibility, and health outcomes associated with PM; 5 would enhance
comprehension of the differences in disease burden. Long-term cohort studies that monitor
individuals over time, considering both environmental exposures and personal health data,
could be essential for enhancing exposure response models and guiding public health
strategies to reduce the harmful effects of air pollution. Finally, the PM; 5 concentration
values from the past 10 years (2011 to 2020) that were predicted during our study could
be used to investigate the long-term impact of PM; 5 on acute and chronic respiratory
diseases, as well as to study other health-related effects of PM; 5 in eight provinces in the
upper northern region of Thailand, an area where PM; 5 concentration levels are reported
to exceed Thailand’s ambient air quality standard every year.

5. Conclusions

This study found that the RF model was the most effective in predicting PM; 5 concen-
trations, outperforming other models in terms of accuracy. It also highlights the significant
impact of biomass burning and fire hotspots on the prediction of PM; 5 concentrations.
Our study illustrates the significance of employing numerous data sources and effective
methods for modeling in environmental studies. Moreover, future work could apply the
RF model, which is a highly effective tool for predicting long-term PM, 5 concentrations
(RMSE of 6.82 nug/m3, MPE of 4.33 ug/m3, RPE of 22.50%, and R? of 0.93), to other re-
gions or countries with similar environmental conditions, including biomass burning and
transboundary pollution. The predicted PM; 5 concentrations could lead to improved air
quality management strategies and more informed public health policies. Furthermore,
our research suggests that the prediction model of prolonged PM; 5 concentrations could
offer a foundation for further epidemiological studies on the long-term effects of PM; 5
concentrations on human health and related problems.

Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/toxics13030170/s1, Table S1: The hyperparameters of the machine
learning models for the dataset from Chiang Mai province (air quality data, meteorological data,
and fire hotspots); Table S2: The predicted PMj 5 concentrations in 8 provinces in northern Thailand,
2011-2020.

Author Contributions: Conceptualization, S.K., P.S., K.R. and W.S,; data curation, SK., PS. and W.S,;
formal analysis, P.S. and W.S.; funding acquisition, K.R. and W.S.; investigation, A.R.; methodology,
PS. and W.S.; supervision, K.R. and W.S,; validation, P.S.; writing—original draft, S.K., P.S., AR., K.R.
and W.S,; writing—review and editing, S.K., PS., AR., K.R. and W.S. All authors will be updated
at each stage of manuscript processing, including submission, revision, and revision reminder, via
emails from our system or the assigned Assistant Editor. All authors have read and agreed to the
published version of the manuscript.

Funding: This research was supported by the Coordinating Center for Thai Government Science and
Technology Scholarship Students (CSTS) and the National Science and Technology Development
Agency (NSTDA). It was partially supported by fundamental fund 2567 (FF67) from Chiang Mai
University, and the PM; 5 project was supported by Chiang Mai University.

117



Toxics 2025, 13,170

Institutional Review Board Statement: Not applicable.
Informed Consent Statement: Not applicable.

Data Availability Statement: The datasets used and/or analyzed during the current study are
available from the corresponding author upon reasonable request.

Acknowledgments: The authors express their gratitude to the Coordinating Center for Thai Gov-
ernment Science and Technology Scholarship Students (CSTS); the National Science and Technology
Development Agency (NSTDA) THAILAND; the Department of Computer Science, Faculty of Sci-
ence, Chiang Mai University, Chiang Mai, Thailand; and the Research Institute for Health Sciences,
Chiang Mai University, Chiang Mai, Thailand.

Conflicts of Interest: The authors declare that they have no competing interests.

Abbreviations
The following abbreviations are used in this manuscript:

ANNSs Artificial neural networks

COPD Chronic obstructive pulmonary disease

CVDs Cardiovascular diseases

DT Decision tree

FIRMS  Fire Information for Resource Management System
ML Machine learning

MLP Multi-layer perceptron neural network

MLR Multiple linear regression

MODIS Moderate Resolution Imaging Spectroradiometer
NASA  National Aeronautics and Space Administration
PCD Pollution Control Department

PMy 5 Particulate matter smaller than 2.5 microns
PMjp Particulate matter smaller than 10 microns
RF Random forests

SVM Support vector machine
TEOM  Tapered element oscillating microbalance method

References

1. Chansuebsri, S.; Kraisitnitikul, P.; Wiriya, W.; Chantara, S. Fresh and aged PM,; 5 and their ion composition in rural and urban
atmospheres of Northern Thailand in relation to source identification. Chemosphere 2021, 286, 131803. [CrossRef]

2. Kawichai, S.; Prapamontol, T.; Cao, E; Song, W.; Zhang, Y. Source Identification of PM; 5 during a smoke haze period in Chiang
Mai, Thailand, using stable carbon and nitrogen isotopes. Atmosphere 2022, 13, 1149. [CrossRef]

3.  Kawichai, S.; Prapamontol, T.; Cao, E; Song, W.; Zhang, Y.L. Characteristics of carbonaceous species of PM, 5 in Chiang Mai city,
Thailand. Aerosol Air Qual. Res. 2024, 24, 230269. [CrossRef]

4. Song, W.; Hong, Y.; Zhang, Y.; Cao, F.; Rauber, M.; Santijitpakdee, T.; Kawichai, S.; Prapamontol, T.; Szidat, S.; Zhang, Y.L. Biomass
burning greatly enhances the concentration of fine carbonaceous aerosols at an urban area in upper northern Thailand: Evidence
from the radiocarbon-based source apportionment on size-resolved aerosols. J. Geophys. Res. Atmos. 2024, 129, €2023]D040692.
[CrossRef]

5. Huang, E; Pan, B.; Wy, ].; Chen, E.; Chen, L. Relationship between exposure to PM;, 5 and lung cancer incidence and mortality: A
meta-analysis. Oncotarget 2017, 8, 43322-43331. [CrossRef]

6.  Department of Pollution Control. Manual Report: Air Quality Data Monitoring; Pollution Control Department: Bangkok, Thai-
land, 2024; Available online: https://www.pcd.go.th/wp-content/uploads/2021/03/pcdnew-2021-04-07_06-54-58_342183.pdf
(accessed on 10 January 2025).

7. Pollution Control Department. Air Quality and Noise. Available online: http:/ /air4thai.pcd.go.th/webV3/#/Home (accessed on
10 January 2025).

8. Sirignano, C.; Riccio, A.; Chianese, E.; Ni, H.; Zenker, K.; D’Onofrio, A.; Meijer, H.A.].; Dusek, U. High contribution of biomass
combustion to PMj 5 in the city centre of Naples (Italy). Atmosphere 2019, 10, 451. [CrossRef]

9. Xu, G; Jiao, L.; Zhao, S.; Cheng, J. Spatial and temporal variability of PM; 5 concentration in China. Wuhan Univ. |. Nat. Sci. 2016,

21, 358-368. [CrossRef]

118



Toxics 2025, 13,170

10.

11.

12.

13.

14.

15.

16.

17.

18.

19.

20.
21.
22.
23.

24.
25.

26.

27.

28.

29.

30.

31.

32.
33.

34.

35.

36.

Zhuang, Y.; Chen, D.; Li, R.; Chen, Z; Cai, ].; He, B.; Gao, B.; Cheng, N.; Huang, Y. Understanding the influence of crop residue
burning on PM; 5 and PM; concentrations in China from 2013 to 2017 using MODIS data. Int. ]. Environ. Res. Public Health 2018,
15, 1504. [CrossRef]

Geng, G.; Murray, N.L.; Tong, D.; Fu, ].S.; Hu, X,; Lee, P.; Meng, X.; Chang, H.H.; Liu, Y. Satellite-based daily PM, 5 estimates
during fire seasons in Colorado. J. Geophys. Res. Atmos. 2018, 123, 8159-8171. [CrossRef]

Lee, H.H,; Iraqui, O.; Gu, Y,; Yim, S.H.L.; Chulakadabba, A.; Tonks, A.Y.M.; Yang, Z.; Wang, C. Impacts of air pollutants from fire
and non-fire emissions on the regional air quality in southeast asia. Atmos. Chem. Phys. 2018, 18, 6141-6156. [CrossRef]

Chen, Z.; Chen, D.; Zhao, C.; Kwan, M.P; Cai, J.; Zhuang, Y.; Zhao, B.; Wang, X.; Chen, B.; Yang, J.; et al. Influence of
meteorological conditions on PM; 5 concentrations across China: A review of methodology and mechanism. Environ. Int. 2020,
139, 105558. [CrossRef]

Li, Y;; Chen, Q.; Zhao, H.; Wang, L.; Tao, R. Variations in PMjp, PM; 5 and PM; g in an urban area of the Sichuan basin and their
relation to meteorological factors. Atmosphere 2015, 6, 150-163. [CrossRef]

Suleiman, A.; Tight, M.R.; Quinn, A.D. Applying machine learning methods in managing urban concentrations of traffic-related
particulate matter (PMyg and PMj 5). Atmos. Pollut. Res. 2019, 10, 134-144. [CrossRef]

Zhang, G.; Rui, X.; Fan, Y. Critical review of methods to estimate PM; 5 concentrations within specified research region. ISPRS Int.
J. Geo-Inf. 2018, 7, 368. [CrossRef]

Biancofiore, F.; Busilacchio, M.; Verdecchia, M.; Tomassetti, B.; Aruffo, E.; Bianco, S.; Di Tommaso, S.; Colangeli, C.; Rosatelli, G.;
Di Carlo, P. Recursive neural network model for analysis and forecast of PM;y and PMj 5. Atmos. Pollut. Res. 2017, 8, 652—659.
[CrossRef]

Chen, M.]; Yang, PH.; Hsieh, M.T; Yeh, C.H.; Huang, C.H.; Yang, C.M.; Lin, G.M. Machine learning to relate PM; 5 and PM;g
concentrations to outpatient visits for upper respiratory tract infections in Taiwan: A nationwide analysis. World |. Clin. Cases.
2018, 6, 200-206. [CrossRef]

Gholizadeh, A.; Neshat, A.A.; Conti, G.O.; Ghaffari, H.R.; Aval, H.E.; Almodarresi, S.A.; Aval, M.Y.; Zuccarello, P.; Taghavi,
M.; Mohammadi, A.; et al. PM, 5 concentration modeling and mapping in the urban areas. Model. Earth Syst. Environ. 2019, 5,
897-906. [CrossRef]

Fire Information for Resource Management System. Available online: https://firms.modaps.eosdis.nasa.gov/active_fire (accessed
on 24 October 2024).

Hagan, M.; Demuth, H.; Beale, M. Neural Network Design; PWS Publishing: Boston, MA, USA, 1997.

Cybenko, G. Approximation by superpositions of a sigmoidal function. Math. Cont. Sig. Syst. 1989, 2, 303-314. [CrossRef]
Basak, D.; Pal, S.; Patranabis, D. Support vector regression. Neural Inf. Process. -Lett. Rev. 2007, 11, 203-224.

Freedman, D. Statistical Models: Theory and Practice; Cambridge University Press: Cambridge, UK, 2005.

Tranmer, M.; Murphy, J.; Elliot, M.; Pampaka, M. Multiple Linear Regression, 2nd ed.; Cathie Marsh Institute Working Paper
2020-01; Cathie Marsh Institute for Social Research: Manchester, UK, 2020; Available online: https://hummedia.manchester.ac.
uk/institutes/cmist/archive-publications /working-papers /2020 /multiple-linear-regression.pdf (accessed on 10 January 2025).
de Ville, B. Decision trees. WIREs Comp Stats. 2013, 5, 448-455. [CrossRef]

Breiman, L. Random Forests. Mach. Learn. 2001, 45, 5-32. [CrossRef]

Gonzélez, S.; Garcia, S.; Del Ser, J.; Rokach, L.; Herrera, F. A practical tutorial on bagging and boosting based ensembles for
machine learning: Algorithms, software tools, performance study, practical perspectives and opportunities. Inf. Fusion 2020, 64,
205-237. [CrossRef]

Sun, Y.; Zeng, Q.; Geng, B.; Lin, X,; Sude, B.; Chen, L. Deep learning architecture for estimating hourly ground-level PM; 5 using
satellite remote sensing. IEEE Geosci. Remote Sens. Lett. 2019, 16, 1343-1347. [CrossRef]

Wang, W.; Zhao, S,; Jiao, L.; Taylor, M.; Zhang, B.; Xu, G.; Hou, H. Estimation of PM, 5 concentrations in China using a spatial
back propagation neural network. Sci. Rep. 2019, 9, 13788. [CrossRef]

Yun, E.; Tornero-Velez, R.; Purucker, S.; Chang, D.; Edginton, A. Evaluation of quantitative structure property relationship
algorithms for predicting plasma protein binding in humans. Comput. Toxicol. 2020, 17, 100142. [CrossRef] [PubMed]

Jain, A.; Duin, R.; Mao, J. Statistical pattern recognition: A review. IEEE Trans. Pattern Anal. Mach. Intell. 2000, 22, 4-37. [CrossRef]
Chen, M.; Chen, Y.C.; Chou, T.Y;; Ning, ES. PM, 5 Concentration prediction model: A CNN-RF ensemble framework. Int. |.
Environ. Res. Public Health 2023, 20, 4077. [CrossRef]

Vignesh, P.P; Jiang, ].H.; Kishore, P. Predicting PM2.5 concentrations across USA using machine learning. Earth Space Sci. 2023,
10, e2023EA002911. [CrossRef]

Amnuaylojaroen, T.; Kreasuwun, J. Investigation of fine and coarse particulate matter from burning areas in Chiang Mai, Thailand
using the WRF/CALPUFF. Chiang Mai ]. Sci. 2011, 39, 311-326.

Punsompong, P.; Pani, S.; Wang, S.H.; Thao, P. Assessment of biomass-burning types and transport over Thailand and the
associated health risks. Atmos. Environ. 2020, 247, 118176. [CrossRef]

119



Toxics 2025, 13,170

37.

38.

39.

40.

41.

Suriyawong, P.; Chuetor, S.; Samae, H.; Piriyakarnsakul, S.; Amin, M.; Furuuchi, M.; Hata, M.; Inerb, M.; Phairuang, W. Airborne
particulate matter from biomass burning in Thailand: Recent issues, challenges, and options. Heliyon 2023, 9, e14261. [CrossRef]
[PubMed]

Kliengchuay, W.; Meeyai, A.; Worakhunpiset, S.; Tantrakarnapa, K. Relationships between meteorological parameters and
particulate matter in Mae Hong Son Province, Thailand. Int. J. Environ. Res. Public Health 2018, 15, 2801. [CrossRef] [PubMed]
Chen, Z.; Xie, X.; Cai, J.; Danlu, C.; Gao, B.; He, B.; Cheng, N.; Xu, B. Understanding meteorological influences on PMj; 5
concentrations across China: A temporal and spatial perspective. Atmos. Chem. Phys. 2018, 18, 5343-5358. [CrossRef]

Chang, C.H.; Hsiao, Y.L.; Hwang, C. Evaluating spatial and temporal variations of aerosol optical depth and biomass burning
over southeast asia based on satellite data products. Aerosol Air Qual. Res. 2015, 15, 2625-2640. [CrossRef]

Mohammadi, F; Teiri, H.; Hajizadeh, Y.; Abdolahnejad, A.; Ebrahimi, A. Prediction of atmospheric PM; 5 level by machine
learning techniques in Isfahan, Iran. Sci. Rep. 2024, 14, 2109. [CrossRef] [PubMed]

Disclaimer/Publisher’s Note: The statements, opinions and data contained in all publications are solely those of the individual

author(s) and contributor(s) and not of MDPI and/or the editor(s). MDPI and/or the editor(s) disclaim responsibility for any injury to

people or property resulting from any ideas, methods, instructions or products referred to in the content.

120



Review

Polycyclic Aromatic Hydrocarbons (PAHs) in Freshwater
Systems: A Comprehensive Review of Sources, Distribution,
and Ecotoxicological Impacts

Pedro J. Berrios-Rolén, Maria C. Cotto * and Francisco Marquez *

Nanomaterials Research Group, Department of Natural Sciences and Technology, Division of Natural Sciences,
Technology and Environment, Universidad Ana G. Méndez-Gurabo Campus, Gurabo, PR 00778, USA;
berriospl@uagm.edu
* Correspondence: mcotto48@uagm.edu (M.C.C.); fmarquez@uagm.edu (FM.);

Tel.: +1-787-743-7979 (ext. 4491) (M.C.C.); +1-787-743-7979 (ext. 4250) (EM.)

Abstract: This comprehensive review offers new perspectives on the distribution, sources,
and ecotoxicological impacts of polycyclic aromatic hydrocarbons (PAHs) in freshwater
systems. Unlike previous reviews, this work integrates recent findings on PAH dynamics
within environmental matrices and emphasizes spatiotemporal variability across geo-
graphic regions. It critically examines both anthropogenic and natural sources, as well
as the physical, chemical, and biological mechanisms driving PAH transport and fate.
Special attention is given to the ecotoxicological effects of PAHs on freshwater organisms,
including bioaccumulation, endocrine disruption, and genotoxicity. Notably, this review
identifies key knowledge gaps and proposes an interdisciplinary framework to assess eco-
logical risk and guide effective monitoring and management strategies for the protection of
freshwater ecosystems.

Keywords: polycyclic aromatic hydrocarbons; water pollution; ecotoxicology; environmental
matrices; freshwater ecosystems

1. Introduction
1.1. Polycyclic Aromatic Hydrocarbons

Polycyclic aromatic hydrocarbons (PAHs) are semi-volatile organic pollutants com-
posed of two or more fused aromatic rings. They are classified into low molecular weight
PAHs (LMW-PAHSs) (2-3 rings) and high molecular weight PAHs (HMW-PAHs) (4 or
more rings), with the latter posing greater carcinogenic, mutagenic, and genotoxic risks
due to their higher hydrophobicity and lipophilicity [1,2]. PAHs are derived from three
main sources: pyrogenic, petrogenic, and biogenic processes, which result from either
natural phenomena or human activities. Pyrogenic PAHs are the by-products of incomplete
combustion and/or pyrolysis of organic matter (OM) under low or no oxygen conditions,
such as fossil fuel burning, wildfires, volcanic activity, coal burning, and anthropogenic
activities [3]. On the other hand, petrogenic PAHs result from the diagenesis of organic
materials over geological timescales, typically associated with crude oil, petroleum prod-
ucts, and their derivatives [4-6]. Although less common, biogenic PAHs are synthesized
by plants [7,8], bacteria, fungi, and phytoplankton in specific ecological niches without
involving diagenesis processes [9,10]. These distinct sources of PAHs can be identified
using diagnostic ratios and molecular markers, which are valuable tools for tracking PAH
pollution in the environment [11-13].

Toxics 2025, 13, 321 https:/ /doi.org/10.3390/ toxics13040321
121



Toxics 2025, 13, 321

Upon formation, PAHs enter the atmosphere either in gaseous form or bound to
particulate matter [14]. LMW-PAHSs remain in the vapor phase, while HMW-PAHs adsorb to
particulate matter, facilitating long-range transport (LRT) [15,16]. These atmospheric PAHs
are subsequently deposited onto terrestrial and aquatic environments through wet and dry
deposition processes [3]. Figure 1 illustrates the dynamics of PAHs in the environment,
highlighting their mobility upon deposition on terrestrial surfaces [17], driven by runoff
and weathering processes, and their subsequent transport into freshwater systems [18].
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Figure 1. Distribution of PAHs in air, terrestrial, and aquatic environments. Reprinted with permis-
sion from ref. [17], Copyright 2019, Springer.

Globally, PAHs are a major concern due to their toxicity and widespread presence in air,
water, and soil. In response, the United States Environmental Protection Agency (USEPA)
designated 16 PAHs as priority pollutants due to their environmental prevalence [19]
and associated human health risks [20,21]. Various international organizations, including
the World Health Organization (WHO) [22], the Canadian Council of Ministers of the
environment [23], and Greenpeace [24], have established monitoring frameworks and
policies to address PAH contamination. Despite these efforts, mitigating PAH pollution
remains a challenge, particularly in freshwater systems where their behavior is influenced
by complex environmental interactions. Table S1 provides an overview of the physical and
chemical properties of the 16 USEPA priority PAHs [25-28].

In aquatic environments, PAHs pose ecological and health risks to both aquatic or-
ganisms and humans [17]. Common pollution pathways include sewage discharges [29],
industrial effluents [30], and runoff from urban [31,32] or agricultural areas [33]. In water,
PAHs are distributed across dissolved phases, bound to OM, or adsorbed onto particu-
late matter or benthic sediments [34-37]. Their distribution within the water column is
further influenced by the sediment-water partition coefficient [38], as their hydrophobic
nature promotes adsorption onto suspended sediments, soil, and OM, contributing to their
persistence and bioaccumulation in aquatic ecosystems [35,37].

PAHs exert toxic effects on a wide range of living organisms, including humans,
animals, and microorganisms. Several PAHs are classified as genotoxic, mutagenic, car-
cinogenic, and teratogenic, thereby posing health risks to biological systems [39,40]. Their
persistence is attributed to the dense 7-electron system in their aromatic rings, which makes
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them resistant to nucleophilic attack [41]. HMW-PAHs are less volatile, more lipophilic,
hydrophobic, environmentally persistent, and resistant to biodegradation [42,43]. These
compounds readily bind to dissolved OM in sediments, accumulating in aquatic environ-
ments and increasing toxicity in benthic regions [36,44,45]. Additionally, rain runoff can
transport soil-bound PAHs into water bodies, affecting flora, aquatic organisms, and food
chains, ultimately posing direct risks to human health [46]. The lipophilic property of PAHs
facilitates bioaccumulation across food webs, leading to human exposure [47-49]. Overall,
the persistence and toxicity of PAHs in aquatic environments present significant risks to
both human health and ecological systems.

1.2. Freshwater Systems

Freshwater systems cover only 2.5% of the Earth’s surface and are among the most
vital resources for human consumption and biodiversity [50-52]. These systems include
lakes, ponds, reservoirs, rivers, streams, groundwater aquifers, estuaries, and wetlands,
collectively accounting for 0.8% of the Earth’s surface area [53-55]. Despite their importance,
freshwater resources are under constant pressure, not only due to their geographical
limitations but also from anthropogenic activities such as industrialization, agriculture,
and urbanization, which contribute to the introduction of PAHs in these systems [54,56].

PAHs in freshwater systems present considerable risks to aquatic life, particularly to
invertebrates, fish, and microorganisms. Their lipophilicity and hydrophobicity facilitate
bioaccumulation, while their metabolisms can generate reactive intermediates, leading to
oxidative stress, DNA damage, and endocrine disruption [43,57,58]. Even at low concen-
trations, PAHs negatively affect reproduction, growth, and survival in aquatic organisms,
disrupting population dynamics and compromising ecosystem stability [45,59].

The occurrence, distribution, and fate of PAHs pose a global threat to freshwater
ecosystems, regardless of geographical location [60-62]. The input of PAHs from point and
non-point sources generates spatial and temporal heterogeneity in their distribution within
these environments [63,64]. Through atmospheric deposition, surface runoff, and water
discharges, PAHs enter water bodies where they either adsorb onto suspended sediments
or persist dissolved in water [65]. Specifically, in lentic systems like lakes and wetlands,
PAHs tend to accumulate in sediments due to slower water movement, whereas, in lotic
systems such as rivers, they are transported over longer distances, promoting downstream
pollution [66]. The resuspension of sediment-bound PAHs increases the exposure risk
to aquatic organisms and facilitates LRT within watersheds, eventually reaching marine
environments [67]. Although awareness of atmospheric PAHs has increased, significant
gaps remain in understanding their transport, deposition, and dynamics within freshwater
systems—particularly regarding their long-term ecological impacts [68].

1.3. Current Research Gaps and Emerging Perspectives in PAH Studies in Freshwater Systems

Despite significant progress in understanding the behavior and toxicity of PAHs in
freshwater systems, key challenges remain unresolved. These include methodological
inconsistencies [63,64], challenges in source identification and apportionment across spatial
scales [69-71], and the resulting limitations in comparing findings or drawing generalizable
conclusions. Additionally, the behavior of PAHs across environmental compartments—
such as sediments, water, and biota—varies according to their physicochemical properties,
further complicating efforts to predict their environmental fate and bioavailability [72-75].
While the toxicological mechanisms of PAHs in individual organisms are well-documented,
their broader impacts at the community and ecosystem levels remain only partially under-
stood. Understanding how PAHs affect trophic interactions and alter food web dynamics
is essential to developing effective management and remediation strategies [76].
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Numerous recent literature reviews have examined the environmental behavior and
toxicological effects of PAHs across diverse matrices, including soil, sediments, air, and ma-
rine ecosystems [3,62,68,77-82]. However, most freshwater-specific reviews have focused
on isolated components of the issue—such as sediment-associated contamination, species-
specific toxicological responses, or individual ecosystem types—without integrating the
complex interactions among PAH sources, transport pathways, environmental compart-
ments, and ecological effects across diverse freshwater systems [45,46,59,79,81,83,84].

This review aims to provide a comprehensive analysis by critically synthesizing recent
findings on PAH sources, environmental transport mechanisms, distribution patterns, and
ecotoxicological impacts across various freshwater environments—including rivers, lakes,
wetlands, and groundwater. Beyond compiling data, this work emphasizes spatial and
temporal variability, ecosystem-level responses, and the influence of multiple stressors, such
as climate change and co-contaminants. In doing so, it offers a comprehensive framework
to interpret past findings and guide future monitoring, risk assessment, and management
strategies. This review proposes an analysis by integrating ecological complexity and
highlighting emerging research directions in the study of PAHs in freshwater systems.

2. Sources of PAHs in Freshwater Systems

PAHs enter freshwater systems through natural and anthropogenic processes. Source
apportionment is commonly performed using techniques such as molecular diagnostic
ratios, principal component analysis (PCA), and positive matrix factorization (PMF), which
help differentiate between pyrogenic sources—such as fossil fuel combustion—and pet-
rogenic sources, including crude oil or petroleum derivatives [85]. The emission and
distribution of PAHs are influenced by a combination of geographic features, hydrolog-
ical conditions, land use patterns, and human activities [69-71,86,87]. Furthermore, the
physical and chemical properties of freshwater bodies, combined with climate variability,
affect the behavior, transport, and accumulation of PAHs [88]. The unique characteristics
of rivers, streams, lakes, wetlands, groundwater systems, and glaciers shape the contribu-
tion of different PAH sources and influence the resulting contamination dynamics in each
environment [3,89,90].

2.1. Rivers

Rivers act as primary transport pathways for PAHs, carrying these pollutants from
upstream sources to lakes, wetlands, or estuaries [91,92]. In the Buffalo River Estuary in
South Africa, PAH concentrations in sediments reached up to 22,310 nug/kg and, in water,
up to 206 ug/L, with diagnostic ratios indicating predominantly pyrogenic sources from
automobiles, industrial effluents, and urban runoff [93]. Similarly, in the Bonny Estuary
of the Niger Delta (Africa), sediment cores revealed total PAH concentrations ranging
from 8699 to 22,528 ug/kg, with deeper layers enriched in pyrogenic PAHs and surface
sediments showing elevated petrogenic levels linked to recent oil spills [94]. This pattern
of mixed PAH sources is also observed in other rivers, such as the Niger Delta and the
Amazon Basin, where pyrogenic and petrogenic PAHs have been identified—reaching
up to 19,800 ng/kg in Niger Delta sediments and 163 ng/L in Amazon surface waters—
originating from biomass burning, fossil fuel combustion, and oil-related activities [95,96].
In another study from Nigeria, surface water samples from the Ekulu River showed PAH
concentrations as high as 3.17 mg/L, with a prevalence of HMW-PAHs derived from
pyrogenic sources linked to combustion-related anthropogenic activities [97]. In the Middle
East, the Euphrates River (Iraq) shows PAHs in water and sediments dominated by HMW
species derived from petroleum product combustion, with carcinogenic PAHs comprising
up to 55% of the total [98]. In contrast, surface sediments from the San Joaquin River in
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California (USA) revealed that surface layers were largely influenced by pyrogenic PAHs
(~70%), reflecting inputs from recent urban landscape alterations, while deeper layers
exhibited higher proportions of biogenic PAHs [99].

Rivers in China, such as the Yangtze and Haihe, are significantly impacted by
combustion-related PAHs, especially from coal, coke, vehicle fuel, and biomass burning. In
the Yangtze River Estuary, PAH concentrations in sediments ranged from 34.9 to 580.3 ng/g,
with source apportionment revealing major contributions from vehicle emissions (38.4%)
and coal combustion (15.8%) [100]. Sediments in the middle-lower Yangtze also act as
secondary sources of LMW-PAHs through resuspension, while retaining HMW-PAHs in
the lower reaches due to reduced sediment discharge caused by dam impoundment [74]. In
the Haihe River, sewage discharge was identified as a major source of PAHs, significantly
influencing their partitioning behavior between sediments and pore water; parent PAHs
exhibited strong sorption capacity, with a logarithmic organic carbon normalized partition
coefficient (log Koc) averaging 4.04 & 0.80 [101]. Similarly, the River Benue in Nigeria ex-
hibits mixed pyrogenic and petrogenic PAH sources, with sediment concentrations ranging
from 55 to 382 ug/kg; source apportionment identified petrogenic burning (35%) and wood
combustion (27%) as dominant contributors [102]. In Taiwan, sediment PAH concentrations
across 30 major rivers reached up to 7.44 mg/kg, with pyrogenic sources prevailing and
seasonal variations linked to wastewater discharge and combustion activities [103]. These
findings emphasize the dual role of rivers as conduits and secondary sources of PAHs, with
combustion-related emissions frequently dominating due to regional industrial activities
and seasonal variability in land-use patterns.

2.2. Streams

Streams, especially those flowing through urban and forested landscapes, are strongly
impacted by PAHs derived from combustion-related activities, primarily of pyrogenic
origin. In China, sediment samples from urban streams in the Suzhou Industrial Park
revealed total PAH concentrations ranging from 180 to 81,000 ng/g, with four-ring PAHs
being the most abundant (42 £ 12%) and source apportionment pointing to coal and
biomass combustion (61%) as the primary contributor, followed by vehicular emissions
(18%) [104]. In the United States, a study across 10 urban watersheds found that streambed
sediment PAH levels were significantly higher in regions where coal-tar-based pavement
sealants were widely used—up to 54.3 mg/kg in the Northeast—underscoring pavement
dust and sealed surfaces as major vectors of PAH transport to urban streams [105]. In
Poland, sediment from retention tanks along the Oliwski and Strzyza streams showed PAH
concentrations up to 20.4 mg/kg, with 4- and 5-ring PAHs predominating due to traffic
emissions, heating systems, and vehicular abrasion, and presenting moderate- to high-
risk levels to benthic organisms in certain locations [106]. These urban examples contrast
with forested stream systems, where PAH contamination is more episodic. For instance,
post-wildfire runoff in Portugal has been shown to increase PAH loading in streams due to
soil erosion and ash transport following fire events [107]. Evidence from recent reviews
indicates that wildfires are a diffuse but significant source of PAHs, mobilizing them into
surface waters and sediments through post-fire runoff and other transport processes, with
impacts depending on fire severity, vegetation type, and hydrological conditions [46,108].
While streams are influenced by both petrogenic and pyrogenic PAH sources, recent studies
suggest that pyrogenic inputs—particularly those linked to combustion activities and
urban expansion—tend to dominate, with some contributions originating from distant
atmospheric sources [109,110].
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2.3. Lakes

Lakes face challenges from a variety of PAH emission sources, particularly in urban
areas, where petroleum, biomass, heavy oils, and natural gas consumption dominate [111].
Despite successful policies in several countries aimed at reducing point source pollu-
tion [112,113], non-point sources, such as atmospheric deposition and surface runoff, re-
main significant contributors to PAH contamination in lake systems [114]. Studies suggest
that LMW-PAHSs are found dissolved in the water column, and HMW-PAHs accumulate in
lake sediments (Figure 2) [115,116]. In urban lakes, local non-point atmospheric deposition
from pyrogenic activities often surpasses regional sources, as observed in Ontario Lakes
in Canada [117]. Similarly, in Lake Baikal, PAHs primarily originate from biomass and
fossil fuel combustion, with lighter PAHs concentrated in the water column and heavier
ones sequestered in sediments [75]. Urbanization intensifies PAH concentrations, partic-
ularly in lakes exposed to high runoff from impervious surfaces, further amplifying the
issue [111,118,119].
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Figure 2. Sources, distribution, and transfer of PAHs through environmental compartments in
freshwater lakes until human exposure is achieved. Reprinted with permission from ref. [115];
copyright 2019, Elsevier.

In contrast, remote lakes, which are less impacted by direct anthropogenic activities,
often receive PAHs through atmospheric LRT and wildfires, which contribute to PAH de-
position [46,120,121]. The rise in human activity, Gross Domestic Product, and population
in lake catchment areas has also led to increased PAH levels, primarily from coal combus-
tion and other pyrogenic sources [122-124]. Overall, PAH pollution in lakes results from
both urbanization and natural processes, with urban lakes primarily affected by human
activities, while the impact on remote lakes largely stems from natural phenomena, such as
wildfires. These variations in source inputs and environmental dynamics between urban
and remote lakes align with patterns observed across other freshwater systems worldwide.
A comparative summary of PAH contamination, primary sources, and associated ecolog-
ical effects reported in selected riverine and lacustrine systems is presented in Table 1,
illustrating spatial variability and common risk factors across freshwater environments.

Table 1. Summary of PAH contamination in selected freshwater systems (rivers and lakes).

River System

: Main PAHs Detected Sources Ecological Effects References
(Region)
. . Fluoranthene, Pyrene,  Industrial discharges, Bioaccumulation in fish;
Pearl River (China) Benzo[a]pyrene urban runoff risk to benthic fauna [125]
Yangtze River Phenanthrene, Domestic sewage, ggi??slli:);i?is;crﬁ;z [126]
(China) Fluoranthene, Chrysene  agricultural runoff g

disruption
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Table 1. Cont.

River System

. Main PAHs Detected Sources Ecological Effects References
(Region)
Benzoa]anthracene Wastewater Decreased diversity of
Tigris River (Iraq) Chrvsene ’ discharges, oil benthic invertebrates; [127]
y refinery pollution =~ moderate ecological risk
. Lo Naphthalene, . . .
Ogun River (Nigeria) Acenaphthene Industrial effluents Risk to biota [128]
Taihu Lake (China) Phenanthrene, Pyrene, Urbrfm—mdustnal Ox1dat1've stress in fish [129]
Benzo[a]anthracene interface and invertebrates
Industrial discharges, Moderate ecological risk;
Chaohu Lake (China) Fluoranthene, Pyrene, urban runoff, potential impact on [130]
Benzo[a]anthracene atmospheric

. aquatic organisms
deposition 4 &

2.4. Wetlands

Beyond lakes, freshwater wetlands also represent critical and vulnerable systems
affected by diverse PAH sources. Freshwater wetlands are highly productive ecosystems
that are particularly vulnerable to PAH pollution from various sources [19,131,132]. These
ecosystems, recognized for their vital ecological functions, are increasingly degraded by
oil exploitation and human disturbances [133,134]. The sources of PAHs in wetlands vary
by region and proximity to human activities. For instance, pollution in Iran’s Anzali
Wetland is attributed to wastewater discharge, tourism, and oil-related activities [135-137],
whereas China’s Northeastern wetlands experience contamination primarily from coal
burning and vehicle emissions [138]. Seasonal variations also play a significant role, such
as the predominance of petrogenic sources during the wet season in Wang Lake Wetland,
China [139]. Furthermore, constructed and urban wetlands, essential for water treatment,
also face PAH contamination from wastewater discharge and fossil fuel combustion, with
PAH distribution strongly influenced by molecular weight (Figure 3) [140]. In wetlands,
PAHs in the water column are often derived from petroleum sources, while sediment-
bound PAHs are typically pyrogenic, highlighting the complex distribution of PAHs in

these environments (Figure 4) [141].

Figure 3. Distribution of total LMW-PAHs and HMW-PAHs in sediments, surface water, and reeds in
a constructed wetland that receives water from a wastewater treatment plant. Simulated distribution
results of sediments (a—c), surface water (d—f) and reeds (g—i) for Total PAHs. Reprinted with
permission from ref. [140]; copyright 2021, Elsevier.
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Figure 4. PAH sources and distribution in environmental matrices of a freshwater wetland. Reprinted
with permission from ref. [141]; copyright 2023, Elsevier.

In Ramsar-designated wetlands and other protected areas, mixed sources of PAHs,
especially from oil-related activities, present ongoing challenges [142]. Wetlands near
oil extraction sites, such as Shadegan Wetland in Iran and Hoor-Al-Azim Wetland in
Lower Mesopotamia, are often contaminated by both pyrogenic and petrogenic sources,
with oil spills and combustion-related emissions being primary contributors [19,143,144].
Lastly, peatlands, marshes, and bogs, such as those in Northeast China and Iraq’s Al-
Hammar marshes, serve as environmental archives, reflecting historical pollution from both
anthropogenic and natural sources, including wildfires and industrial activities [145-147].
Freshwater wetlands, critical for their ecological functions, face complex challenges for
PAH pollution derived from mixed sources.

2.5. Groundwater

Groundwater, as a primary freshwater source for domestic, agricultural, and in-
dustrial purposes, is increasingly contaminated with PAHs introduced through diverse
pathways [148,149]. PAHs leach from soils into aquifers or are transported via surface
runoff, often impacting both surface and groundwater systems [68]. The strong hydrologi-
cal connectivity between surface water and groundwater facilitates the migration of PAHs,
particularly in closely linked systems [86,150]. Due to their higher mobility, LMW-PAHs
can migrate more readily in soil, resulting in relatively uniform PAH concentrations across
interconnected water systems [151].

In the Yellow River Delta, China, pyrogenic PAHs from petroleum combustion dom-
inate groundwater pollution, entering aquifers primarily through surface water infiltra-
tion [150]. Similarly, in karst terrains, the rapid vertical migration of PAHs is enabled
by geological features like conduits and sinkholes, transporting contaminants from the
combustion of grass, wood, and coal [86,152,153]. Local factors within the river’s catchment
area significantly influence PAH sources in such environments [151,154].

Pyrogenic sources are a primary contributor to PAH contamination in groundwater,
often infiltrating aquifers through soil leaching and various transport mechanisms [155].
Agricultural practices, such as long-term irrigation with wastewater or reclaimed water, are
the main source of groundwater PAHs in farming areas. Wildfires also impact groundwater
quality by introducing pyrogenic PAHs during post-wildfire events, particularly in areas
connected to public water supplies, resulting in risks to human health [156]. Furthermore,
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industrial activities near abandoned complexes and oil-producing regions contribute to
both pyrogenic and petrogenic PAHs, resulting in mixed-source profiles due to vertical
migration over extended periods of time [157,158]. The complex and diverse sources of
PAH pollution in groundwater underscore the need to address both localized and long-term
contamination pathways.

Economic development and changing anthropogenic activities shape the evolution
of PAH emission sources. In the groundwater of karstic regions in Southwest China, a
shift from coal combustion to vehicular emissions over a decade has sustained a predom-
inantly pyrogenic PAH profile [159]. Geological factors, such as complex lithology and
hydrostratigraphic systems, further influence PAH origins in groundwater, with carbon
and fuel combustion serving as major pollution sources in these environments [160]. Even
in oil fields such as the upper Brahmaputra Valley of India, surface combustion activi-
ties dominate groundwater contamination, surpassing petrogenic contributions from oil
spills [155]. Despite regional variations, pyrogenic PAHs consistently represent a significant
and persistent source of groundwater pollution.

2.6. Glaciers

Recent research highlights the sources of PAHs in various glacial freshwater environ-
ments. Attribution ratios in Arctic freshwater systems suggest that PAHs predominantly
originate from atmospheric deposition and combustion-related sources [68]. Fresh melt-
water samples from the eastern Tibetan Glacier show PAHs associated with incomplete
coal combustion and coking that are deposited via LRT and are also affected by local
environmental conditions [161]. These melting glaciers act as secondary sources of PAHs,
leading to elevated concentrations in sediment cores of proglacial lakes and glacial-fed
streams, establishing PAHs as the most dominant of the persistent organic pollutants in the
Arctic environment [162]. This retention is facilitated by the OM content in proglacial soils,
which promotes the accumulation of PAHs in these environments [163].

In the case of the Kongsfjorden Glacier in Norway, PAH concentrations decline with in-
creasing distance from the glacier, with local petrogenic combustion processes, atmospheric
LRT, and historical coal mining identified as key sources [164]. Additionally, dissolved
PAHs in the Kongsfjorden Glacier meltwater further indicate major contributions from
grass, wood, and coal combustion, with their distribution influenced by ocean currents and
glacier runoff [165].

In Antarctica, the most remote continent and holder of the largest freshwater reservoir,
PAH sources have been studied to better understand their dynamics in glacial environments.
Reports suggest that Antarctic waters receive a mix of locally consumed fuel combustion
and globally transported PAHs via LRT [166]. On King George Island, PAHs accumulate in
terrestrial soils, primarily linked to electricity generators and light-duty gasoline consump-
tion associated with scientific research and tourism activities [167]. However, terrestrial
PAH pollution levels on King George Island are significantly lower than in other parts
of the world [168]. Reducing fossil fuel consumption in these regions is recommended
to mitigate PAH emissions and minimize their impact on Arctic and Antarctic glacial
freshwater environments.

Overall, the presence of PAHs in freshwater systems—including lakes, rivers, streams,
groundwater, wetlands, and glaciers—is shaped by diverse emission sources (see Table S2).
Lakes face significant challenges from both point and non-point sources, with atmospheric
deposition and surface runoff being primary contributors. Rivers act as major transport
pathways for PAHs, reflecting mixed emission sources, while wetlands, groundwater,
and glacial freshwater systems exhibit distinct patterns of PAH contamination. These
patterns are supported by numerous case studies conducted across Asia, Africa, Europe,
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and the Americas [19,74,86,91-93,97,98,102-104,106,107,109-111,119-121,135,140-143,146,
150,156-161,164-167,169-181]. These findings highlight the critical need for integrated
management, robust monitoring, focused research, and effective policy strategies to address
PAH pollution across freshwater systems.

3. Distribution of PAHs in Freshwater Systems

The distribution of PAHs in freshwater systems is influenced by various transport,
mechanisms, environmental factors, and interactions with environmental matrices. Under-
standing these processes is essential for addressing the environmental distribution and fate
of PAHs in these systems. This section explores the primary transport mechanisms and
environmental factors influencing the distribution of PAHs, emphasizing their interactions
with various environmental matrices in freshwater systems.

3.1. Transport Mechanisms

Polycyclic aromatic hydrocarbons (PAHs) reach freshwater systems through a range of
environmental pathways, including atmospheric deposition, surface runoff, riverine trans-
port, groundwater infiltration, sediment resuspension, and biological activity. These inputs
are shaped by both local and distant anthropogenic sources—particularly combustion-
related emissions—and modulated by climatic and land-use dynamics [61,182-184]. Once
PAHs enter aquatic systems, their transport and eventual fate are governed by a combina-
tion of physical, chemical, and biological mechanisms that determine their partitioning,
mobility, and persistence [185,186]. Understanding these mechanisms is essential to accu-
rately assess the spatial and temporal distribution of PAHs, predict exposure scenarios, and
inform risk assessments and management strategies. The following subsections explore
each of these transport pathways in detail, emphasizing how system-specific factors such
as flow regimes, sediment composition, and water chemistry influence PAH movement
and accumulation in freshwater environments.

3.1.1. Physical Transport Mechanisms

PAHs are physically transported in freshwater systems through advection, diffusion,
and sediment dynamics, all of which are shaped by hydrological and environmental con-
ditions. Among these, advection—the transport of pollutants via flowing water—is a
predominant mechanism in lotic systems [74,187-189]. This process enables the down-
stream redistribution of PAHs from both local and distant sources. In the Yangtze River
(China), Zhao et al. [74] demonstrated that water runoff from megacities—driven by coal
and coke combustion—served as a major advective input, with the river current transport-
ing PAHs downstream, while reduced sediment discharge from upstream dams increased
their retention in lower reaches. Modeling of the Yangtze River Delta under future land-use
scenarios further confirmed that advection is the principal mechanism governing PAH re-
distribution across environmental compartments [190]. In Dianshan Lake, a shallow urban
system, Du et al. [189] found that atmospheric advection was the main source of PAHs,
with hydrodynamic movement driving their transfer from water to sediment. In another
report, in Lake Qinghai (China), PAH concentrations were highest at sediment sites near
river inlets, supporting the role of river inflows as advective carriers of local emissions [188].
On the other hand, in groundwater systems, advective flow accelerated by irrigation pump-
ing, significantly increased the subsurface mobility of low to medium molecular weight
PAHSs [191]. Additionally, in the Columbia River Estuary (USA), hydrodynamic trapping
processes enhanced the downstream transport and retention of combustion-derived PAHs,
even at distances far from original inputs [192]. Collectively, these studies highlight ad-
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vection as a system-specific but ubiquitous mechanism that mobilizes PAHs across spatial
gradients in both lotic and lentic freshwater environments.

Diffusive transport refers to the passive movement of PAH molecules from regions of
high to low concentration until equilibrium is achieved. This process is particularly relevant
in low-flow freshwater environments—such as lakes and wetlands—where water circula-
tion is minimal and vertical gradients persist. For instance, in Panguipulli Lake (Chile), net
volatilization of LMW-PAHSs and deposition of heavier congeners were observed across
the air-water interface, demonstrating how hydrophobicity and hydrodynamic stagnation
influence the direction and magnitude of diffusive fluxes [193]. In the Willamette River
(USA), paired samplers revealed that sediments acted as a long-term source of 4- and 5-ring
PAHs, diffusing into the water column and volatilizing into the atmosphere despite prior re-
mediation efforts [194]. In Dianchi Lake (China), model simulations showed that diffusion,
alongside degradation, was a dominant removal mechanism for PAHs from sediments,
counteracting accumulation from atmospheric deposition and waterborne inputs [195].
Likewise, observations across the Yangtze River Delta (China) indicated that PAHs such as
naphthalene (NaP) and benzo[a]pyrene (BaP) were subject to resuspension and diffusion
at sediment-water interfaces, with transport direction driven by compound-specific prop-
erties and local hydrological conditions [196]. In Poyang Lake (China), seasonal dry—wet
cycles were found to regulate sediment-to-water PAH exchanges, with LMW congeners
volatilizing during periods when sediments were exposed to air, and HMW compounds
showing varied flux directions when submerged under water [197]. Altogether, these
studies highlight diffusion as a dynamic and compound-specific process that governs the
long-term distribution, bioavailability, and environmental persistence of PAHs in stagnant
or weakly mixed freshwater systems.

The hydrophobic nature of PAHSs facilitates their attachment to suspended particulate
matter (SPM) and sediments, enhancing their persistence and transport in freshwater envi-
ronments [198]. SPM serves as a mobile phase that carries PAHs across aquatic systems
before settling through deposition, while sediments function as temporary reservoirs [122].
However, these reservoirs are not static and resuspension events triggered by storms,
flooding, or human activities can remobilize sediment-bound PAHs into the water column,
promoting downstream transport and increasing their bioavailability [123,199]. The extent
and efficiency of PAH partitioning are influenced by multiple factors, including particle
size, organic carbon (OC) content, hydrodynamics, and sediment characteristics [200,201].
Fine particles, in particular, remain suspended longer after resuspension events, allowing
PAHs to be transported farther from their original source areas [200]. In contrast, sediments
rich in OC tend to exhibit stronger PAH sorption and retention capabilities, reinforcing
their role as long-term sinks [201]. Over time, sediments act as dynamic reservoirs—both
absorbing and re-releasing PAHs—thus functioning as both sinks and secondary sources
in rivers [36], lakes [202], and wetlands [203]. Figure 5 illustrates this dual role in the
Yangtze River (China), where PAH transport is shaped by runoff, sediment discharge, depo-
sition, and resuspension under the influence of urbanization and industrial emissions [74].
Overall, sediment dynamics critically shape the environmental fate of PAHs, determining
whether these compounds remain stored or become remobilized under changing environ-
mental conditions.

The physical transport of PAHs in freshwater systems is strongly modulated by hy-
drological factors, which govern their mobilization, redistribution, and persistence across
diverse aquatic environments. Rainfall, for instance, facilitates the wash of PAHs from
urban and industrial surfaces into water bodies, particularly during intense storm events
that generate high surface runoff and sediment discharge [204]. In systems with seasonal
hydrological variation, dry-season conditions with lower dilution capacity led to elevated
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PAH concentrations in water, while intense wet-season rainfall increased SPM, enhanc-
ing PAH sorption and downstream transport [205]. Similarly, flooding events, such as
Hurricane Harvey in Houston, Texas (USA), caused large-scale PAH redistribution into
Galveston Bay, with peak concentrations and biological responses observed shortly after
flood onset [206]. Resuspension of contaminated sediments during floods has also been
observed in the Niger Delta (Nigeria), intensifying ecological and health risks due to high
levels of HMW-PAHs [79]. Seasonal hydrological changes further influence phase exchange
processes; in tide-dominated estuaries, temperature and marine currents modulate PAH dif-
fusion across sediment-water interfaces, with source contributions varying by season [116].
In major rivers such as the Yangtze River (China), temperature and discharge variations
during the wet season favor the accumulation of HMW-PAHs, driven by increased flow
and suspended solids [207]. On the other hand, in lentic systems, such as the Shuikou Dam
(China), impoundment reduces flow and increases PAH retention, while wet-season surface
runoff elevates PAH concentrations downstream of industrial zones [208]. Karst systems
present unique hydrological pathways, where PAHs infiltrate rapidly through fissures
and conduits, promoting swift subsurface transport from surface sources to spring-fed
waters [152,153]. Finally, hydrogeological conditions—such as permeability, vadose zone
thickness, and water table fluctuations—determine PAH distribution in aquifers, with
variations observed across regions like Du’an, Lanzhou, and Golmud (China) [176]. In
summary, hydrological processes such as rainfall, flooding, temperature shifts, and ground-
water flow directly influence how PAHs are transported and where they accumulate in
freshwater environments.
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Figure 5. Water runoff from megacities, driven by coal and coke combustion sources, contributes to
the transport and increased catchment retention of PAHs along the Yangtze River, China. Reprinted
with permission from ref. [74]; copyright 2021, Elsevier.
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As detailed throughout this subsection, the physical transport of PAHs in freshwater
systems is governed by three interrelated mechanisms—advection, diffusion, and sediment
dynamics—and is strongly modulated by hydrological factors such as rainfall, flow regime,
and seasonal variations. Advective transport, driven by river flow, groundwater movement,
and internal circulation in lentic environments, facilitates the broad dispersal of PAHs across
spatial gradients. Diffusion becomes particularly relevant in stagnant or low-flow zones,
where the physicochemical properties of individual PAHs and prevailing environmental
conditions control their gradual redistribution across phases. Sediment dynamics, including
deposition and resuspension, mediate the long-term fate of PAHs by acting as both sinks
and secondary sources, with their behavior influenced by sediment composition, organic
content, and external hydrological forces. These mechanisms do not operate in isolation;
rather, they interact within the unique hydrological frameworks of rivers, lakes, and
wetlands, shaping the spatial and temporal dynamics of PAH transport. Figure 6 illustrates
this complexity in Dianchi Lake (China), where model simulations have enabled the
quantification of PAH fluxes across compartments, highlighting how different processes
such as advection, diffusion, and sedimentation collectively determine the fate of pollutants
in freshwater systems.
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Figure 6. Multimedia transfer of PAHs in Dianchi Lake, China, illustrating advective, diffusive,
and sediment transport mechanisms. The diagram shows the pathways of PAH movement through
air, water, and sediment compartments, emphasizing advective inflows and outflows, diffusion
dynamics, degradation processes, and interactions at the sediment-water interface. Reprinted with
permission from ref. [195]; copyright 2024, Elsevier.
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3.1.2. Chemical Transport Mechanisms

The transport and distribution of PAHs in freshwater systems are influenced by
chemical processes such as sorption and desorption, both of which are affected by envi-
ronmental and chemical conditions. Sorption occurs when PAHs adhere to sediments or
suspended matter, a process governed by molecular hydrophobicity, molecular weight, and
steric factors [209,210]. Skic et al. [209] demonstrated that sorption in bottom sediments
is facilitated by steric hindrance and the presence of negatively dissociating functional
groups, especially for HMW-PAHSs, with finer pores (<5 um) serving as preferential se-
questration sites. OM composition and structure also play a dominant role, as shown
by Huang et al. [211], who reported that the heterogeneity of sediment OM—including
humic substances, black carbon, and kerogen—results in nonlinear sorption behaviors
such as hysteresis and slow desorption kinetics. Dissolved and particulate OC enhance
PAH affinity across colloidal, dissolved, and particulate phases in underground river sys-
tems [44,212]. In riparian zones and riverine sediments, PAH accumulation is intensified
by high OC content, where sorption is influenced by 7-7 interactions and hydrophobic
affinity [213,214]. Duttagupta et al. [191] showed that the mineralogical composition of
sediments—especially the dominance of quartz and kaolinite—also determines PAH sorp-
tion preferences across different land-use zones.

Desorption—the release of PAHs back into the water column—is influenced by sed-
iment aging, environmental gradients, and physicochemical interactions. Lu et al. [215]
demonstrated that sediment aging reduces desorption efficiency due to increased molecular
bonding and compaction within sediment matrices. Their kinetic and thermodynamic
analyses revealed that desorption follows a three-stage process (fast, slow, and smooth)
and is inhibited under strongly acidic/basic pH or high salinity conditions while being
promoted by low oxygen and small particle size. Thermal desorption experiments further
confirmed that water content and OM reduce PAH release, and that desorption is thermally
activated [216]. Additionally, Oyo-Ita et al. [205] reported seasonal variability in salinity
and suspended solids as key controls on PAH phase exchange, where higher salinity can
inhibit desorption and promote retention in suspended matter. An expansion on these
findings showed that both biodegradable and non-biodegradable microplastics sorb and
release petroleum hydrocarbons, following reversible pseudo-second-order kinetics [217].

Freshwater chemical conditions—such as pH, redox potential, and ionic strength—also
shape PAH behavior by influencing their partitioning and transformation. For instance,
Salowsky et al. [73] showed that transient redox conditions in groundwater systems affect
PAH retention and biodegradation through variable oxygen availability and iron-reducing
microbial processes. Sediments may function as sinks or sources of PAHs depending on
molecular structure and surrounding chemical gradients, with fugacity fraction analyses
revealing the re-emission of lighter PAHs and the accumulation of heavier congeners in
riverine environments [74]. Almouallem et al. [218] demonstrated that increasing ionic
strength enhances the sorption of certain PAHs by promoting stronger interactions with
sediment particles, whereas low liquid—solid ratios increase adsorption capacity.

In summary, the chemical transport of PAHs in freshwater systems is driven by the
interplay of sorption and desorption processes, modulated by sediment composition, OM
properties, PAH molecular structure, and dynamic environmental factors such as pH, ionic
strength, temperature, and redox potential. Understanding these chemical interactions is
essential for predicting the long-term fate and mobility of PAHs in freshwater environments.

3.1.3. Biological Transport Mechanisms

Biological transport mechanisms influence the redistribution of PAHs in freshwater
ecosystems through interactions with aquatic organisms and their associated processes.
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Seasonal algae blooms can enhance the biological pump effect, increasing the transfer of
PAHs from the water column to SPM and sediments, especially during high-productivity
periods in eutrophic lakes [202,219]. This algae-driven sequestration is often associated
with elevated concentrations and toxicity of PAHs in shallow, nutrient-rich environments.
Similarly, phytoplankton biomass in hypereutrophic lakes can increase the bioavailability
of PAHs in sediments, facilitating their uptake by benthic organisms such as clams and
mussels [220]. In cyanobacteria- and macrophyte-dominated systems, the differential dis-
tribution of PAHs in riverine versus lacustrine sediments suggests biological community
structure influences PAH fate [221]. PAHs can also be actively accumulated and biomagni-
fied through food web interactions, with zooplankton and fish incorporating PAHs in their
tissues depending on feeding strategies and habitat [222,223]. Freshwater invertebrates
such as gastropods also accumulate PAHs in their tissues, as seen in S. quadrata, with
levels influenced by local pollution and anthropogenic activity [224]. Moreover, microbial
processes—including the downward migration of filamentous bacteria—may enhance
vertical PAH migration in sediments [225]. Together, these biological mechanisms interact
with hydrological and physicochemical processes to shape the spatiotemporal dynamics
and ecological risks associated with PAHs in freshwater systems.

In summary, the transport of PAHs in freshwater systems is governed by a combina-
tion of physical, chemical, and biological mechanisms, each modulated by environmental
and hydrological forces that shape their mobility, transformation, and persistence. These
mechanisms interact within system-specific contexts—such as river flow, sediment com-
position, water chemistry, and biological activity—producing distinct transport patterns
across aquatic compartments. Recognizing the interdependence among these processes is
essential to understanding how PAHs are distributed across freshwater landscapes. The
following section expands on these dynamics by examining the physicochemical, hydrolog-
ical, anthropogenic, and natural factors that influence the spatial and temporal distribution
of PAHs in freshwater systems.

3.2. Factors Affecting Distribution of PAHs

The distribution of PAHs in freshwater systems is influenced by a diverse range of en-
vironmental factors, including the physicochemical and hydrological characteristics unique
to each system, environmental conditions, such as pH, redox potential, and temperature,
anthropogenic activities, and associated pollutant discharges, as well as natural factors like
soil composition, land cover, and vegetation. These factors interact in complex ways to
influence the distribution, partitioning, and fate of PAHs in freshwater environments. This
section explores the interaction among these influences, emphasizing their roles in shaping
the spatial distribution of PAHs in freshwater systems.

The distribution of PAHs in freshwater systems is governed by their intrinsic physic-
ochemical properties, such as hydrophobicity, solubility, and volatility, which vary with
molecular weight and affect their behavior [72-75]. Seasonal temperature changes and
the presence of OC in sediments lead to fluctuations in PAH concentrations, with higher
levels observed during dry periods due to reduced dilution and an increased prevalence
of HMW-PAHs under warmer conditions [226-229]. In lake systems, both external factors
(e.g., seasonal salinity, temperature) and internal factors (e.g., sediment characteristics,
particulate OC) control PAH partitioning, affecting their distribution among dissolved
and particulate phases [29,101,205,230]. Karst springs, wetlands, and transitional estuarine
areas display unique hydrological traits that influence PAH distribution, driven by the
interplay of hydrodynamics, dilution, and physicochemical properties [139,153,231].

Environmental conditions in water, such as pH, redox potential, ionic strength, and
temperature variations, impact PAH behavior in freshwater systems. Extreme pH levels
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and anaerobic conditions can increase PAH solubility and reduce degradation rates, while
higher ionic strength enhances sorption to sediments [73,101,218]. On the other hand, tem-
perature fluctuations affect PAH volatility, solubility, and microbial degradation [116], cre-
ating complex distribution patterns that are further intensified by anthropogenic activities.

Anthropogenic activities, including industrial discharges, wastewater and sewage
discharges, fuel and coal combustion, vehicle emissions, and oil spills, contribute to PAH
pollution, creating localized hotspots that alter their spatial distribution within freshwa-
ter systems [96,138,184,186]. These hotspots arise from concentrated pollutant inputs,
which vary depending on the type and intensity of human activities in the surrounding
region [123]. While nonpoint sources generate diffuse pollution over large areas, their
cumulative effects in regions with intense anthropogenic activities often result in localized
hotspots [232].

In addition to these localized hotspots, the co-occurrence of other pollutants, such
as heavy metals and microplastics, further intensifies the complexity of PAH distribution
dynamics. Heavy metals interact with PAHs, forming complexes that alter their solubility
and distribution, often resulting in overlapping distribution patterns in hotspots where
both pollutants share common anthropogenic sources and environmental processes [233].
Similarly, microplastics act as carriers for PAHs through surface adsorption mechanisms,
influencing their distribution, persistence, and bioavailability [234-236]. Also, construction
activities and regional economic developments near freshwater bodies complicate and alter
these distribution dynamics of PAHs by introducing additional contaminants [123,237,238].
Collectively, these anthropogenic influences highlight the complex interaction of pollutants
that shape the distribution of PAHs in freshwater systems.

Natural factors, such as soil composition, land cover, and vegetation, shape the
distribution and fate of PAHs in freshwater environments. Organic-rich soils enhance
PAH adsorption, reducing their mobility and serving as long-term reservoirs for these
pollutants [239]. Similarly, riparian vegetation acts as a natural buffer, trapping runoff
sediments and promoting microbial degradation of PAHSs before reaching water bodies,
thereby mitigating their impact [44,191,209,240]. In wetland environments, the interaction
between OM and hydrodynamic processes affects the sequestration of PAHs, particularly
of HMW-PAHs, within sediment layers [139,241]. Additionally, geological features such
as karst formations influence PAH transport by facilitating rapid infiltration and storage
in subsurface freshwater environments [86,152,153]. These natural processes interact with
environmental conditions, such as seasonal temperature changes and hydrodynamic forces,
further influencing PAH partitioning and mobility [74,207,228]. While natural factors often
act as mitigating mechanisms, they also highlight the need for comprehensive monitoring
strategies to evaluate the interplay between natural and anthropogenic influences on
PAH dynamics. Understanding how these factors interact and influence PAH dynamics in
freshwater systems requires a detailed examination of their interactions with environmental
matrices, such as sediments, water, aquifers, and porewater, which ultimately shape their
distribution, bioavailability, and ecological impact.

3.3. Interactions with Environmental Matrices

The distribution and fate of PAHs in freshwater systems rely heavily on their interac-
tions with environmental matrices, including sediments, water, aquifers, and porewater.
Sediments, serve as a major reservoir for PAHs, especially HMW-PAHS, as observed in
stormwater retention ponds and natural lakes [242]. The partitioning of PAHs between sed-
iments and water determines their bioavailability and toxicity to benthic organisms [45,243].
For example, PAH concentrations in the clam Corbicula fluminea strongly correlate with sed-
iment PAH levels, indicating sediments as the primary source of bioavailable PAHs [244].
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Also, the ability of sediments to act as both a sink and a secondary source of PAHs de-
pends on environmental conditions, such as OM content, total OC levels, and hydrody-
namic forces, with steric effects driving the sequestration of HMW-PAHs in fine sediment
pores [209]. This mechanism, driven by hydrodynamic forces, resuspends sediment-bound
PAHs into the water column, thereby influencing their distribution and ecological im-
pact [123,198]. Consequently, sediment dynamics, including deposition and resuspension,
shape the fate and distribution of PAHs in aquatic ecosystems.

In the water phase, PAHs exhibit varying behavior depending on their solubility and
hydrophobicity, which govern their partitioning between dissolved and SPM phases [165].
LMW-PAHSs, such as NaP, are more soluble and tend to remain in the dissolved phase, while
HMW-PAHSs, such as BaP, are more likely to adhere to SPM [245]. In the case of resuspension
events tend to redistribute sediment-bound PAHs throughout water bodies [74,246]. The
properties of SPM, shaped by location, season, and human activities, play a crucial role
in PAH distribution by increasing sorption to OC [247]. The solubility and partitioning of
PAHs within the water column can serve as predictive factors for their distribution and
movement, particularly under the influence of local environmental conditions.

In subsurface environments, aquifers serve as reservoirs for PAHs, with strong adsorp-
tion processes in the vadose zone facilitating their retention. The distribution and retention
of PAHs in aquifers are primarily governed by their interactions with fine particulate mat-
ter and OC, which promote the sequestration of HMW-PAHs [129,248]. This partitioning
behavior varies at the sediment-water interface, driven by differences in molecular sizes,
with larger PAHs exhibiting higher adsorption potential [249]. Furthermore, minerals
such as quartz and kaolinite significantly enhance PAH retention in groundwater systems,
highlighting the pivotal role of aquifer geological composition in shaping PAH distribu-
tion [191]. Collectively, these processes establish aquifers as essential long-term storage
matrices that influence the mobility, fate, and ecological risk of PAHs in freshwater systems.

Porewater, located in the interstitial spaces between sediment particles, is a medium
for the distribution of PAHSs, enhancing their toxicity to aquatic organisms. LMW-PAHSs
are often released from sediment-associated OC into porewater, contributing to their
bioavailability and toxicity [250]. Toxicological studies conducted in the amphipod Hyalella
azteca and zebrafish embryos (Danio rerio) have demonstrated that PAH-contaminated
porewater induces cardiovascular toxicity and decreases survival rates [251]. The freely
dissolved fractions of PAHs in porewater, particularly during wet seasons, are readily
bioaccumulated by benthic species, resulting in adverse health effects [251].

The interaction of PAHs with environmental matrices, including sediments, water,
aquifers, and porewater, shape their distribution and ecological impact in freshwater
systems. Sediments function as both a sink and source of PAHs, with processes such
as resuspension and partitioning between sediment and water phases influencing their
bioavailability and toxicity to aquatic organisms. In the water column, PAH behavior is
governed by their physicochemical properties, which determine their partitioning between
dissolved and SPM phases. On the other hand, the retention and distribution of PAHs in
aquifers and porewater are influenced by interactions with environmental factors such as
particulate matter, OC, and minerals. Larger PAH compounds exhibit stronger adsorption
in groundwater systems, while freely dissolved PAHs in porewater contribute to toxicity
and bioaccumulation in aquatic organisms. Finally, the complex interactions between PAHs
and these environmental matrices dictate their long-term distribution, fate, mobility, and
ecological risk within freshwater ecosystems.
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4. Ecotoxicological Impacts of PAHs in Freshwater Systems
4.1. Molecular and Cellular Level Effects

PAHs interact with cellular components and induce oxidative stress (OS) through
the generation of reactive oxygen species (ROS), either directly or via metabolic interme-
diates [252-254]. These mechanisms encompass three major pathways—radical-cation,
diol-epoxide, and quinone—that contribute to DNA damage [255,256]. As illustrated in
Figure 7, BaP undergoes metabolic activation via cytochrome P450 (CYP) enzymes and
epoxide hydrolase, forming DNA adducts that promote genotoxicity [257]. This activation
leads to oxidative metabolism, where CYP enzymes generate diol-epoxides, o-quinones,
and radical cations, each with specific toxic effects [258-260]. Diol-epoxides form sta-
ble DNA adducts [260], radical cations produce genetic mutations [258], and o-quinones
promote OS by generating ROS [261]. These ROS—including superoxide anions (O, ™),
hydrogen peroxide (H2O;), and hydroxyl radicals (-OH)—overwhelm antioxidant de-
fenses such as glutathione [58], superoxide dismutase [262,263], and catalase [264,265],
ultimately causing damage to lipids, proteins [266], and DNA, which triggers apoptosis or
necrosis [265-268].

Epoxide
U@ DR OC
—_— B —
LIS ST (I
1A2, 1B1 Ho™

0

. OH

B[a]P-7,8-Epoxide B[a]P-7,8-diol
1A1

1A2, 1B1 I@

{0 ]
O Nuclear DNA & ’ ‘O
‘ Mitochondrial DNA .OO

HO™
OH

/ ( BPdG ) (+)7B,8a-diol-9a,10a-epoxy-

7,8,9,10-tetrahydro-B[a]P

Benzo[a]pyrene (B[a]P)

(BPDE)

Figure 7. Primary mechanism of DNA binding by BaP, a pro-carcinogenic PAH. Reprinted with
permission from ref. [257], under the terms of the Creative Commons Attribution License (CC BY).
Copyright 2018, published by Portland Press.

DNA adduct formation by PAHs is closely associated with mutagenesis and car-
cinogenesis [269]. BaP is especially potent due to its stable DNA adducts, serving as a
model compound for genotoxicity research [270,271]. The mutagenic potential of PAHs
depends on their chemical structure and metabolic activation efficiency [253,258,272-274].
Furthermore, BaP induces epigenetic changes by altering DNA methylation—either hypo-
or hypermethylation—depending on concentration and tissue type, disrupting gene reg-
ulation and potentially affecting offspring [275]. BaP also affects the biotin homeostasis
pathway and circadian rhythm regulation, as observed in marine medaka, with heritable
osteotoxicity in the F3 generation [275]. These effects are mediated by CpG-BPDE adducts
and altered DNA methyltransferase and histone deacetylase activity [275]. CYP1A expres-
sion, used as a biomarker for PAH exposure, shows strong tissue-specific responses. For
example, in Gambusia affinis, BaP exposure induces CYP1A mRNA expression in the testis,
liver, and other organs, with distinct temporal patterns [276].
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PAHs also act as endocrine disruptors by mimicking estrogen or interfering with
hormone pathways [48,277]. Their metabolites bind estrogen receptors, altering signaling
and disrupting physiological processes such as reproduction and development [278-283].
The endocrine-disruptive potential of PAHs varies among different compounds and is
mediated by their chemical structures and metabolic products [284]. Additionally, specific
PAHs exhibit distinct interactions with hormone receptors, further complicating the ef-
fects [253,278]. Endocrine disruption in aquatic species can result in diverse and profound
health effects, potentially leading to long-term ecological consequences.

In summary, PAHs impact cellular and molecular functions through mechanisms in-
volving OS, mutagenesis, epigenetic alteration, and endocrine disruption, affecting not only
individual organism health but potentially the stability of entire aquatic ecosystems [285].

4.2. Impacts on Freshwater Biota

PAH contamination has been widely associated with reproductive and developmental
disruptions in aquatic wildlife, often resulting in long-term ecological consequences that
may extend across generations [286]. Chronic exposure, even at environmentally relevant
concentrations, has been linked to persistent physiological and behavioral impairments
in aquatic organisms [48], ranging from sub-lethal effects such as neurobehavioral dis-
ruptions [59] to severe tissue damage and mortality. In Caspian White fish (Rutilus frissi),
exposure to environmentally relevant concentrations of BaP led to significant DNA damage,
increased frequency of micronuclei in erythrocytes, and histopathological lesions in liver
and gills [287]. Similarly, Corbicula fluminea, a native freshwater clam, exhibited PAH accu-
mulation levels that closely correlated with sediment contamination, indicating sediment
as a major exposure route through benthic feeding [244]. Experimental oil spills using
diluted bitumen (dilbit) in limnocorrals demonstrated that insect emergence declined sig-
nificantly in a dose-dependent manner, with notable shifts in benthic community structure
despite no measurable loss in total abundance [288]. Sublethal effects were also observed in
Hyalella azteca and Chironomus riparius exposed to dilbit-spiked sediments, with amphipods
showing higher sensitivity and significant size reduction [289]. BaP has been reported to
exhibit LCsg values as low as 5 pug/L for Daphnia pulex after 96 h of exposure and 5.6 pug/L
for Pimephales promelas under UV-enhanced conditions, indicating its high acute toxicity to
freshwater organisms [290]. These studies emphasize how PAH-rich unconventional oils
compromise the physiological integrity and growth of benthic invertebrates.

Macroinvertebrate assemblages in the Persian Gulf’s Nayband Bay, impacted by oil-
related industrial activity, displayed significantly reduced abundance and species richness
in stations with high levels of PAHs and total petroleum hydrocarbons (TPHs), revealing
strong negative correlations with sedimentary pollutant levels [291]. Similarly, microbial
communities in the Pearl River Estuary were disrupted by PAH contamination, which
influenced microbial structure, diversity, and deterministic assembly processes across both
water and sediment habitats [76]. Comparative studies of microbial communities in lake
and river sediments have shown that riverine systems with higher degradation rates of
PAHs support natural attenuation, while lacustrine sediments often require biostimulation
due to lower functional activity [292]. These disruptions to microbial networks can cascade
through the ecosystem, ultimately affecting nutrient cycling, bioremediation capacity, and
the health and stability of macroinvertebrate communities.

Taken together, these studies highlight how PAHs exert diverse and sometimes cascad-
ing impacts across freshwater biota—affecting microbial assemblages, benthic organisms,
and fish—ultimately impairing the structure and function of aquatic communities. These
effects are often mediated by key toxicological mechanisms such as bioaccumulation,
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genotoxicity, mutagenesis, and carcinogenesis, which are further explored in the follow-
ing subsections.

4.2.1. Bioaccumulation

The hydrophobic and lipophilic nature of PAHs promotes their accumulation in the
fatty tissues of aquatic organisms, facilitating bioaccumulation throughout freshwater food
webs. In Lake Chaohu (China), PAHs were detected in a variety of freshwater organisms
including fish, with significant concentrations observed particularly in lipid-rich tissues,
such as the brain and gills; this bioaccumulation posed notable carcinogenic risks to human
consumers [272]. In the Ogbese River, Nigeria, shellfish like periwinkles, snails, and mussels
exhibited higher biota-sediment accumulation factors compared to fish, with LMW-PAHs
dominating the congener profiles [222]. Top predators are not exempt from exposure. In
the Um Alnaaj Marsh, Iraq, muscle tissue of waterfowl such as Anas platyrhynchos, A. crecca,
and A. acuta, revealed high concentrations of pyrogenic PAHs, suggesting that these birds
bioaccumulate contaminants through trophic transfer and present a potential public health
concern for consumers of bird meat [293]. In the Pearl River Delta, South China, trophic
levels and aquatic productivity were found to significantly influence the distribution
and bioconcentration of PAHs in algae and zooplankton, where high chlorophyll-a levels
corresponded with greater PAH accumulation [294]. Moreover, a broader analysis in
Laizhou Bay demonstrated that algae accumulated the highest concentrations of PAHs,
followed by benthic fauna and fish, revealing a biodilution pattern along the food web—
though HMW-PAHs still exhibited strong bioaccumulation factors [295].

PAH structure plays a crucial role in bioaccumulation potential. For example, fluo-
ranthene and pyrene, both 3- and 4-ring PAHs, were dominant in the muscle tissues of
demersal fish species from the Fengshan River system [234]. PAHs with intermediate log
Kow values (5.0-5.6) have been identified as most prone to bioaccumulation [222,296]. A
study of 30 rivers in Taiwan also found that up to 99.7% of PAHs bioaccumulated in fish
were HMW-PAHS, especially BaP, which poses a substantial carcinogenic risk [103]. These
findings collectively demonstrate how trophic level, lipid content, and PAH physicochemi-
cal properties influence the extent of bioaccumulation, ultimately compromising food web
integrity and the sustainability of freshwater fisheries [297].

4.2.2. Genotoxic, Mutagenic, and Carcinogenic Effects

Several PAHs, especially BaP, are classified as human carcinogens, associated with
cancers of the lung, cervix, and prostate [275,298]. Upon metabolic activation by CYP
enzymes, particularly CYP1A, BaP forms reactive metabolites, such as BPDE, that bind
to DNA, leading to mutations and initiation of carcinogenic processes. Consistent with
cellular-level responses, CYP1A was significantly upregulated in the testis, liver, and
brain of Gambusia affinis following BaP exposure, reflecting systemic genotoxic sensitivity
to PAHs in aquatic vertebrates [276]. In juvenile haddock (Melanogrammus aeglefinus),
both dietary and injected exposure to PAHs led to DNA adduct formation in the liver
and intestines, skeletal deformities, and persistent genotoxic effects even after a two-
month recovery period (See Figure 8) [57]. Similarly, hepatocellular fibrillar inclusions in
European flounder (Platichthys flesus) from polluted UK estuaries have been linked to PAH
metabolism, particularly in males, suggesting a sex-specific sensitivity to PAH-induced
liver pathology [299].

Fish embryos represent another highly sensitive model. Research on teleost fish,
including tunas and Japanese medaka (Oryzias latipes), revealed that early-stage exposure to
PAHs caused developmental abnormalities, especially in cardiac morphology and function,
with evidence of phototoxicity and mortality at trace concentrations [300-302]. In addition,
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exposure to NaP reduced acetylcholinesterase activity in the brain, liver, and gills of Anabas
testudineus, demonstrating clear neurotoxic effects [303]. Other PAHs like phenanthrene
and pyrene altered intracellular calcium regulation and suppressed sarco/endoplasmic
reticulum Ca?*-ATPase (SERCA) gene expression, contributing to cardiotoxicity and muscle
impairment [304].

Figure 8. X-ray images of haddock (Melanogrammus aeglefinus) under different treatments: (A) con-

trol, (B) PAH exposure, and (C,D) oil exposure. The images show various vertebral malformations,
including deformities in vertebrae. Reprinted from Meier et al. [57] under the terms of the Creative
Commons Attribution License (CC BY). Copyright 2020, published by PLoS ONE.

Exposure to PAH mixtures exacerbates toxicity. For example, hepatocyte cultures of
Sparus aurata exposed to mixtures of phenanthrene, BaP, and benzo[b]fluoranthene exhib-
ited enhanced CYP1A expression and DNA strand breaks compared to single compound
exposure, indicating synergistic genotoxicity [305]. In field studies, exposure to X16PAHs
in vehicle-wash wastewater increased DNA damage in both fish and freshwater mussels,
with mussels showing higher genotoxic sensitivity [306]. Similarly, water from the Dnieper
River showed mutagenic potential in bioassays despite treatment at municipal plants,
highlighting persistent contamination by legacy PAHs [307]. Long-term PAH pollution in
Lithuanian rivers and lakes revealed genotoxicity gradients influenced by ecosystem type
and hydrodynamics, with lacustrine systems exhibiting higher genotoxic risk but potential
biotic adaptation over time [66]. Collectively, these reports underscore the widespread geno-
toxic, mutagenic, and carcinogenic effects of PAHs across freshwater species, influenced by
environmental conditions, mixture composition, and exposure history.

5. Conclusions

This comprehensive review has examined the sources, distribution, and ecological
impacts of PAHs in freshwater systems. Rivers, streams, lakes, wetlands, groundwater, and
glaciers are influenced by a combination of natural and anthropogenic PAH sources. Rivers
and streams function as conduits, transporting PAHs from upstream sources, while lakes,
particularly in urban areas, accumulate LMW-PAHs in water columns and HMW-PAHs
in sediments due to atmospheric deposition and surface runoff. Wetlands are especially
vulnerable to wastewater discharge and oil-related activities, leading to significant ac-
cumulation of sediment-bound PAHs. On the other hand, groundwater systems face
increasing contamination from PAHs leaching through soil and surface water infiltration,
with agricultural and industrial regions being particularly at risk. Meanwhile, glaciers

141



Toxics 2025, 13, 321

are impacted by long-range transported PAHs that deposit in these environments and
are subsequently released during glacial melting. Effective monitoring and management
strategies are essential across all freshwater systems to mitigate both historical and ongoing
sources of PAH pollution.

The distribution of PAHs in freshwater systems is shaped by complex interactions
among physical, chemical, biological, and environmental mechanisms. Physical mecha-
nisms, such as advection, diffusion, and sediment transport, drive the movement of PAHs,
while chemical mechanisms, including sorption and desorption, determine their mobility
and persistence. These chemical mechanisms are further influenced by environmental
conditions such as water pH and ionic strength. Biological mechanisms contribute to PAH
transport through processes such as bioaccumulation and degradation by aquatic organ-
isms. Additionally, environmental factors, such as temperature, sediment characteristics,
and human activities, influence the partitioning and retention of PAHs within various
freshwater matrices. These dynamic interactions highlight the complex nature of PAH
distribution in freshwater systems, where comprehensive monitoring and management
strategies are recommended.

The ecological impacts of PAHs in freshwater systems manifest at the molecular, cellu-
lar, and organismal levels, collectively posing significant risks to aquatic biodiversity. At the
cellular level, PAHs induce OS, DNA damage, and endocrine disruption, with metabolites
such as diol-epoxides forming DNA adducts that increase mutagenic and carcinogenic
potential. These disruptions compromise genomic stability and affect reproduction and
development in aquatic organisms. Chronic exposure to PAHs exacerbates these issues
across freshwater ecosystems, particularly among sensitive species such as invertebrates,
fish, and microbial communities. These impacts extend through the food web, with the
bioaccumulation of PAHSs in aquatic species consumed by humans indicating an urgent
need for stringent and ongoing remediation efforts. Given the genotoxic, mutagenic, and
carcinogenic properties of PAHs, an ecological approach is essential to understanding and
mitigating their effects for the protection of biodiversity and ecosystem function.

In conclusion, this comprehensive review highlights the diverse sources, distribution
mechanisms, and ecological impacts of PAHs in freshwater systems, emphasizing the
extensive and complex interactions that drive their dynamics and persistence in these
environments. PAH dynamics are influenced by local environmental factors and transport
mechanisms that promote their persistence in sediments, water, and biota, leading to bioac-
cumulation and posing significant ecological and health risks to aquatic organisms and
humans. The main toxicological effects include molecular and cellular damage, endocrine
disruption, genotoxicity, mutagenicity, and carcinogenicity. While substantial progress
has been made in understanding these processes, critical gaps remain in quantifying the
long-term ecological effects of PAHs across different freshwater environments and species,
as well as assessing the influence of climate change on their dynamics. Addressing these
gaps through more comprehensive, ecosystem-level studies is essential for advancing
PAH pollution research, management, and remediation strategies. These efforts should
include monitoring across diverse environmental matrices, developing advanced and rapid
analytical methodologies, and establishing robust regulatory frameworks that incorpo-
rate input from diverse stakeholders. A collaborative approach that integrates scientific
research with policy action is vital to protecting and sustaining freshwater ecosystems for
future generations.

Supplementary Materials: The following supporting information can be downloaded at https:
//www.mdpi.com/article/10.3390/toxics13040321/s1, Table S1: Physical properties and chemical
structure of the 16 USEPA priority PAHs; Table S2: Origin and sources of PAHs in various types of
freshwater systems.
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Abstract: Limited research has characterized the occurrence of organophosphate esters
(OPEs) in indoor microenvironment air. To address this gap, ten OPE congeners were
measured in air samples collected from 46 homes, 12 offices, 6 student dormitories, and 60
private cars in Guangzhou, China. Among the four microenvironments, private vehicles
exhibited the highest total OPE concentrations (ZOPEs), with an average of 264.89 ng/m3—
statistically significantly higher than the other three environments (p < 0.05). This finding
underscores the need for increased attention to OPE environmental fate in vehicles and
associated human exposure risks. Distinct compositional profiles of OPEs were observed
across microenvironments. In homes, offices, and student dormitories, tris(2-chloroethyl)
phosphate (TCEP) and tris(2-chloropropyl) phosphate (TCPP) dominated the OPE mix-
ture, accounting for 56% and 34% of ZOPEs, respectively. By contrast, private cars were
characterized by elevated levels of TCPP (68% of 2OPEs) and tris(1,3-dichloro-2-propyl)
phosphate (TDCP, 12%), reflecting source-specific emission patterns related to automo-
tive materials. Significant correlations existed in most of the OPEs in the private cars,
indicating that there are many potential sources of OPEs in private cars, and one source
may release multiple OPEs. Human inhalation exposure to OPEs was estimated based on
measured air concentrations. Daily respiratory exposure doses ranged from 9.1 to 30.85
ng/kg/d across different populations, with all values falling below established thresholds
for non-carcinogenic and carcinogenic risks. These results indicate that current indoor air
OPE levels in the studied microenvironments do not pose significant health hazards via
inhalation pathways under typical exposure scenarios.

Keywords: organophosphate esters; private car microenvironments; indoor air; human
exposure

1. Introduction

Organophosphate esters (OPEs) represent a class of synthetic industrial additives
widely employed as flame retardants and plasticizers in diverse applications, including
furniture, electrical/electronic devices, textiles, and automotive components. After the
restriction and phase-out of brominated flame retardants such as polybrominated diphenyl
ethers (PBDEs) and hexabromocyclododecane (HBCD), OPEs are the main alternative
flame retardants [1]. However, accumulating evidence indicates that certain OPE congeners
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have the characteristics of persistent organic pollutants (POPs): high toxicity, persistence,
bioaccumulation, and long-range transport [2]. Similar to PBDEs and HBCD, OPEs are used
additively in the materials, which means that they are not fixed in the polymer product
through chemical binding and could easily leak into the environment via self-volatilization
and product wear during the use of materials, causing potential hazards to the ecological
environment and human health. Currently, OPEs have been detected in a broad spectrum
of environmental matrices worldwide, including air [3], water [4,5], soil [6], sediment [7],
aquatic biota (e.g., fish) [8], and human biomonitoring samples (e.g., breast milk) [9].
Regarding health effects, a recent review has concluded that organophosphate esters
(OPEs) are rapidly absorbed after oral intake and inhalation, and can induce hazards such
as oxidative stress, inflammatory responses, and endocrine disruption in organisms [10].

Human exposure risk to OPEs is significantly elevated in indoor microenvironments
compared to outdoor settings, attributable to two primary factors. Firstly, modern urban
residents typically spend over 70% of their time in indoor spaces, increasing prolonged
contact with OPE-laden materials. Secondly, analytical data consistently demonstrate
substantially higher OPE concentrations in indoor air (often orders of magnitude greater
than outdoor air), driven by continuous emissions from building materials and consumer
products. OPEs are intentionally incorporated into up to 5% of common indoor materials—
such as polyurethane foams, plastic composites, and textile coatings—where they exist as
non-covalently bound additives. These material matrices serve as significant reservoirs and
continuous sources of releases of OPEs in the indoor environment. Wang et al. [11] reported
that target OPEs were ubiquitously detected in the indoor air of 16 Beijing households, with
total OPE concentrations (XOPEs) exceeding XPBDEs by at least an order of magnitude.
In a Norwegian residential study, Kucharska et al. [12] observed distinct distribution
patterns between air and dust matrices: tris(2-chloropropyl) phosphate (TCPP) dominated
indoor air with a median concentration of 128 ng/m?3, while tris(2-butoxyethyl) phosphate
(TBEP) exhibited higher abundance in dust samples, reaching a maximum of 8100 ng/g.
Additionally, Sun et al. [13] monitored the change in OPE concentration in the indoor air of
a household in Harbin, China, over a year, and found that the concentrations of OPEs were
higher in the spring and summer than in the autumn and winter.

Indoor contamination of OPEs in public spaces warrants equal attention. Kim et al. [14]
analyzed OPEs in ten U.S. indoor microenvironments and recorded the highest average
OPE concentration of 258 ng/m? in auto parts stores, followed by electronic stores, nail sa-
lons, and furniture stores (in descending order of contamination). In a Swedish study, Bergh
et al. [15] investigated air and dust samples from three Stockholm microenvironments—
residential homes, day-care centers, and offices—where nine OPE congeners were ubiq-
uitously detected. Day-care centers exhibited the highest air pollution levels, surpassing
offices and homes, indicating elevated exposure risks for young children in these high-
activity environments. Wang et al. [11] reported varying OPE concentrations across Beijing
microenvironments: activity rooms (14.4 ng/ m?) and student dormitories (19.4 ng/ m?)
had lower levels compared to offices (29 ng/m?) and family homes (24 ng/m?3), reflecting
source contributions from office equipment and consumer products. In addition, some
studies have shown that OPE concentrations in indoor environments correlate with internal
exposure levels in humans, e.g., positive correlations have been identified between air/dust
OPE concentrations and their presence in human hair [12], while urinary metabolites of
OPEs demonstrate strong associations with parent compound levels in indoor dust or hand
towel samples [16]. These findings underscore the role of indoor microenvironments as
critical pathways for OPE uptake.

The automobile interior represents another critical indoor microenvironment with
pronounced OPE contamination. Although daily exposure duration in vehicles is gen-
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erally shorter than in residential or office settings, OPE concentrations measured within
car compartments frequently exceed those of other indoor environments. He et al. [17]
analyzed dust samples from offices, public spaces, and automobiles in Nanjing, reporting
the highest OPE levels in vehicle dust—16-fold and 6-fold greater than office and public
microenvironment samples, respectively. Ali et al. [18] observed similar trends in Kuwaiti
and Pakistani vehicles, where OPE concentrations in automobile dust were approximately
five times higher than in residential or workplace dust matrices. Brommer et al. [19] com-
pared OPE levels in dust from UK automobiles, school classrooms, homes, and offices,
identifying tris(1,3-dichloro-2-propyl) phosphate (TDCIPP) as the dominant congener in
vehicles with significantly elevated concentrations relative to other microenvironments.
Brandsma et al. [20] further reported TDCIPP in car seat dust at 1100 pg/g—the highest
concentration documented in the literature to date—highlighting automotive interiors as
hotspots for OPE accumulation. While existing research confirms elevated OPE pollution in
vehicle compartments, current investigations are overwhelmingly focused on dust matrices,
with limited data available on airborne concentrations and associated human exposure
risks. A recent screening assessment demonstrated that partial dust removal interventions
in vehicles fail to reduce human contact with OPEs, implying the existence of additional
exposure pathways beyond dust-mediated routes [21]. These findings underscore the
urgent need for a comprehensive evaluation of airborne OPE levels in private vehicles. As
the average person spends over 200 h per year in vehicles, understanding the exposure
risks in this confined microenvironment is crucial for developing effective mitigation strate-
gies. In this study, passive air sampling was employed to collect air samples from four
distinct indoor microenvironments—residential homes, offices, student dormitories, and
private vehicles. This method offers several advantages over traditional active sampling
techniques, including lower cost, longer sampling duration, and reduced disturbance to
the indoor environment. The research aims to systematically investigate the concentration
profiles and pollution characteristics of OPEs across these environments, characterize their
potential emission sources, and assess the human exposure risk.

2. Materials and Methods
2.1. Sampling Collection

From September to October 2020, a total of 124 indoor air sampling sites were se-
lected in Guangzhou, China, including 46 homes, 12 offices, 6 student dormitories, and
60 private cars (gasoline-powered, 3 to 6 years old), to characterize the occurrence and
compositional profiles of OPEs in diverse microenvironments. At each sampling site, at
least one polyurethane foam-based passive air sampler (PUF-PAS) was deployed at 0.5-1.5
m height for about 30 consecutive days. The PUF disks (14 cm diameter, 13.5 cm thickness,
0.017 g/cm3 density, 200 cm® volume) followed the standardized design described in Li
et al. [22], with detailed sampling protocols available in these references and Supporting
Information (Text S1). Post-sampling, PUF disks were immediately sealed in brown glass
bottles and stored at —20 °C to prevent analyte degradation until chemical analysis. Sam-
pling rates for target OPEs were derived from a prior Northern China regional study [23],
with individual compound-specific rates ranging from 0.59 to 2.01 m?/d. These values ac-
count for environmental variability in temperature, humidity, and air turbulence, ensuring
reliable exposure metric calculations.

2.2. Chemicals and Materials

Ten organophosphate ester (OPE) reference standards were acquired from Accu-
Standard (New Haven, CT, USA), including tri-n-butyl phosphate (TBP, 99%), tris(2-
chloroethyl) phosphate (TCEP), tris(1-chloro-2-propyl) phosphate (TCPP), tris(1,3-dichloro-
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2-propyl) phosphate (TDCPP), triphenyl phosphate (TPEP), 2-ethylhexyl diphenyl phos-
phate (DPEHP), triphenyl phosphate (TPHP), tris(2-butoxyethyl) phosphate (TBEP), tris(2-
ethylhexyl) phosphate (TEHP), and tricresyl phosphate (TCP). Surrogate standards (D15-
TPHP and d27-TBEP) and an internal standard (d27-TnBP) were sourced from C/D/N
Isotopes Inc. (Quebec, QC, Canada) and Cambridge Isotope Laboratories (Cambridge,
MA, USA), respectively. All solvents—n-hexane, dichloromethane, acetone, methanol,
acetonitrile, and ethyl acetate—were of pesticide-grade purity (Sigma-Aldrich, Taufkirchen,
Germany). Analytical-grade silica gel (60-200 um) and sodium sulfate were purchased
from Sinopharm Group Co. Ltd. (Beijing, China). Prior to use, silica gel and sodium
sulfate were heated at 450 °C for 4 h to remove organic contaminants and activated under
anhydrous conditions.

2.3. Sample Preparation and Analysis

Detailed protocols for air sample extraction and cleanup have been described previ-
ously [24]. Briefly, PUF disks were spiked with known quantities of surrogate standards
(D15-TPHP and d27-TBEP) and subjected to Soxhlet extraction for 48 h using 300 mL of
a n-hexane/dichloromethane (1:1, v/v) mixture. Extracts were concentrated to 1 mL via
rotary evaporation and solvent-exchanged to hexane. The concentrated samples were
purified using silica gel columns: 25 mL of ethyl acetate was employed as the eluant to
fractionate target analytes. Eluates containing OPEs were further reduced to 200 L under
a gentle nitrogen stream, after which a defined amount of internal standard (d27-TnBP)
was added prior to instrumental analysis. Sample quantification was performed using an
Agilent 6890N gas chromatograph coupled to a 5973 mass spectrometer (GC-MS), with
high-purity helium as the carrier gas. Separation was achieved on a DB-5MS capillary col-
umn (30 m x 0.25 mm i.d., 0.25 um film thickness) under electron ionization (EI+) selected
ion monitoring (SIM) mode. Detailed information on quantification ions, verification ions,
and instrument parameters is provided in the Supplementary Information (SI).

2.4. Quality Assurance/Quality Control

To minimize blank contamination, a series of analytical precautions was implemented.
All glassware was baked at 450 °C for 4 h and rinsed with n-hexane and ethyl acetate
prior to use. Additionally, all samples and glassware were covered with aluminum foil to
prevent dust contamination. A procedural blank was analyzed alongside each batch of
5 samples to evaluate potential contamination. Instrumental Detection Limit (IDL) was
determined by injecting low-concentration target analytes with a signal-to-noise ratio of
no less than 3:1. The Method Detection Limit (MDL) was calculated as the mean blank
sample concentration plus three times the standard deviation. When target compounds
were not detected in blanks, half of the IDL was used as the MDL. In this study, the MDLs
of OPEs in indoor air samples ranged from 0.022 to 1.21 ng/m3. The recovery efficiency of
the procedure was verified by analyzing uncontaminated PUF spiked with OPE standards.
The overall recovery was generally greater than 68%. The recovery rates of the surrogate
standards ranged from 76% to 104% for Do;—TBEP, and from 63% to 109% for D;5—TPHP,
respectively. No sample was corrected for recovery.

2.5. Exposure and Risk Assessment

The estimated daily intake (EDI) by inhalation of OPEs was estimated using
Equation (1):
EDI=C x IR x IEF/BW 1)

where EDI is the estimated daily intake of each OPE through atmosphere inhalation
(ng/kg/day); C is the concentration of OPEs in indoor ambient air (ng/m?); IR is the

161



Toxics 2025, 13, 531

respiration rate (m®/day); IEF is the fraction of individual’s daily exposure; BW is the
body weight of human (kg). We assumed 100% absorption of inhalation in the absence of
experimental data for this parameter. IR and BW for Chinese were obtained from the report
“Risk Assessment Guidance for Industrial Contaminated Sites in China”. The exposure
assessment parameters for different age groups can be found in Table S2. The EDI of each
OPE values was calculated based on a Monte Carlo simulation, which was performed
using Crystal Ball software (Oracle, Austin, TX, USA.version:11.1.3.0.0) with independent
runs of 1000 trials.

The non-carcinogenic hazard quotient (HQ) and carcinogenic risk (CR) index of inhal-
ing OPEs were estimated using Equations (2) and (3), respectively:

HQ = EDI/RfD @)

CR =EDI x CSF )

where HQ is the hazard quotient, EDI is the estimated daily intake of each OPE
(ng/kg/day), RfD is the reference doses values for each OPEs (ng/kg bw/day), and
CSF is the carcinogenic effect slope factor for each OPEs (mg/kg bw/day). Assuming
that residents of Guangzhou are exposed for 24 h per day. HQ > 1 suggests that there is a
potential health risk, whereas CR > 1 x 10~° indicates potential adverse effects.

2.6. Data Analysis

Statistical analyses of air sample data were performed using SPSS version 19.0 (SPSS
Inc., Chicago, IL, USA). Differences in airborne organophosphate ester (OPE) concentra-
tions across microenvironments were evaluated using independent-samples t-tests to assess
statistical significance. Spearman’s rank correlation analysis was employed to quantify
the strength of associations between individual OPE congeners, with statistical signifi-
cance defined as a p value < 0.05. Estimated Daily Intakes (EDIs) for individual OPEs
were derived from Monte Carlo simulations implemented in Crystal Ball software, which
generated probabilistic exposure distributions by incorporating input parameters such
as air concentrations, breathing rates, and exposure durations. This approach accounts
for variability in human activity patterns and microenvironmental conditions, providing
robust estimates of potential human exposure.

3. Results and Discussion

Concentrations of ten OPEs were measured in indoor air samples collected from
60 private cars, 46 homes, 12 offices, and 6 student dormitories in Guangzhou, China. OPEs
were ubiquitously detected across all four microenvironments. Average total OPE concen-
trations (ZOPEs) in private car air (264.89 ng/m?>) were significantly higher than those in
homes (42.12 ng/m?), offices (36.02 ng/m?), and student dormitories (18.14 ng/m?), as
determined by one-way ANOVA (p < 0.05; Figure 1). No statistically significant differences
were observed in XOPEs levels among homes, offices, and dormitories. Given this pro-
nounced disparity, the unique contamination profile of private car interiors is discussed
separately in the subsequent analysis.
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Figure 1. Total concentrations of OPEs in indoor air from different microenvironments.

3.1. Total Concentrations and Profiles of OPEs in Indoor Air from China Homes, Offices, and
Student Dormitories

All the target flame retardants (FRs) were detected in at least one of the indoor
air samples, which implies the extensive use of a wide variety of OPEs in the study
area. Table 1 presents the summary statistics and detection frequencies (DF) of OPEs in
indoor air collected from homes, offices, and student dormitories in Guangzhou, China.
TCEP, TCPP, DPEHP, TPHP, and TDCPP were the five most prevalent contaminants, with
detection rates of 100%, 100%, 98.4%, 98.4%, and 88.7%, respectively. TEHP, TBP, and TBEP
followed, with detection rates of 62.9%, 45.2%, and 25.8%, respectively. Given that the
detection rates of TCP and TPEP were less than 3%, these two compounds were not further
discussed. The total concentration of eight OPEs (¥gOPEs) in indoor microenvironment
air ranged from 2.99 to 200.76 ng/m?, with an average of 38.62 ng/m? and a median of
32.78 ng/m3. Generally, the OPE concentrations in the indoor air of Guangzhou were higher
than those previously reported for outdoor air [25]. This suggests that indoor environments
serve as the primary source of OPEs to the outdoor environment, due to emissions from
household products and materials used indoors. These results are consistent with previous
research findings. In homes, offices, and student dormitories, the overall OPE concentration
trend followed home > office > student dormitory, although statistical analysis revealed
no significant differences among the three (p > 0.05). This finding aligns with previous
observations of similar concentration patterns in Dalian residential microenvironments [26].
The relatively low XgOPE levels in student dormitories can be attributed to their simpler
interior finishes and fewer consumer products, which likely reduce OPE emission sources.
Available data on indoor air OPE concentrations from global studies are summarized in
Table S3. Compared to these datasets, the average OPE concentration in Guangzhou indoor
air was lower than reported values from Germany (81.89 ng/ m?) [27], the United States (101
ng/ m3) [13], and Sweden (160 ng/ m?) [28]. Conversely, it was significantly higher than
levels measured in India (0.483 ng/m?) [29], Egypt (0.007-0.064 ng/m?) [30], and Dalian,
China (14.9 ng/ m?) [26], while comparable to results from Australia (44 ng/ m3) [31]
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and Canada (46 ng/m?®) [32]. These regional disparities suggest a strong correlation
between indoor OPE levels and the degree of urbanization/industrialization, with more
developed areas generally exhibiting higher contamination, likely due to intensive use of
OPE-containing materials and products.

Table 1. Summary statistics and detection frequencies (DF) of OPEs in indoor air collected from
homes, offices, and student dormitories in Guangzhou, China (ng/ m3).

c q s Percentile

ompounds  DF (%) Mean Min 25th 50th 75th 90th Max
TBP 452 0.95 ND <MDL <MDL 1.02 2.59 16.15
TCEP 100 18.01 0.27 216 11.71 30.92 .65 92.20
TCPP 100 1452 0.10 3.74 7.26 13.90 36.26 108.36
TDCPP 88.7 0.96 ND 0.67 0.85 111 161 6.86
TBEP 258 0.29 ND <MDL <MDL 0.50 1.01 3.39
TPHP 98.4 261 ND 0.31 1.26 251 6.06 4318
DPEHP 98.4 0.58 ND 0.26 0.33 0.40 0.94 1151
TEHP 62.9 0.70 ND <MDL 0.36 0.52 1.84 8.79
%4OPEs 100 38.62 2.99 14.88 32.78 52.11 71.12 20076

DF: detectable frequencies; ND: not detected. MDL: Method Detection Limit.

Among the analyzed compounds, tris(2-chloroethyl) phosphate (TCEP) was the most
abundant OPE congener, with a mean concentration of 18.01 ng/ m?3, followed by tris(2-
chloropropyl) phosphate (TCPP, 14.52 ng/m?) and triphenyl phosphate (TPHP, 2.61 ng/m?).
The compositional profile of indoor air OPEs followed the order: TCEP (46.6%) > TCPP
(37.6%) > TPHP (6.8%) > TDCPP (2.5%) > TBP (2.4%) > TEHP (1.8%) > DPEHP (1.5%) >
TBEP (0.8%) (Figure 2, Left). Chlorinated OPEs dominated the mixture, accounting for
84.2% of total concentrations, with TCEP and TCPP as the primary homologs—consistent
with findings from Lai et al. in Northern Chinese atmospheric fine particles [33]. Notable
compositional differences were observed compared to global studies: TCPP and triethyl
phosphate (TEP) accounted for 43% and 33% of U.S. air samples [14], while TCPP, triisobutyl
phosphate (TiBP), and tri-n-butyl phosphate (TnBP) represented 45%, 28%, and 12% in
German air [27]. In Dalian, China, TCPP (74%), TBP (12%), and TDCPP (5%) dominated
the profile [26]. These disparities reflect regional regulatory and usage patterns: since 2016,
the U.S. and EU have restricted TCEP due to its neurotoxic and carcinogenic properties,
leading to increased reliance on TCPP as a substitute—explaining its elevated presence
in those regions. In this study, the high abundance of TCEP and TCPP can be attributed
to multiple factors: their relatively high saturated vapor pressures facilitate volatilization
from materials, combined with environmental persistence due to slow degradation rates.
Additionally, their historical widespread use in China for flame retardancy in plastics,
foams, and textiles likely contributes to their dominant presence in indoor air.
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B TEP m TCEP m TCPP m TDCPP m TEEP W TPHP W DPEHF W TEHP

Figure 2. Distribution characteristics of OPEs in indoor air from different microenvironments. (Left):
homes, offices, and student dormitories as a whole; (Right): Private car.

3.2. Total Concentrations and Profiles of OPEs in Indoor Air of Private Cars from China

Table 2 presents the concentration profiles of OPEs in private vehicle air. All target
OPEs were detected in at least one sample, demonstrating their universal presence in
car interiors. Tris(2-chloropropyl) phosphate (TCPP) was the only congener with a 100%
detection rate, followed by TCEP, TDCPP, and TPHP (detection rates > 90%). Moderate
detection rates were observed for TBP (75%), DPEHP (73.7%), and TEHP (71.7%), while
tBEP (21.7%) and TPEP (11.7%) exhibited lower detection frequencies. TCP was detected
in only 3 out of 60 vehicles and was excluded from further analysis. Total OPE concen-
trations (X9OPEs) in private car air exhibited substantial variability, ranging from 1.22 to
1288.81 ng/m3—a 1000-fold difference between minimum and maximum values. TCPP
dominated the OPE profile with a mean concentration of 180.33 ng/m3, significantly higher
than all other congeners (p < 0.001). The highest individual TCPP concentration reached
1087.38 ng/m?3, reflecting diverse emission sources in vehicle interiors. This dominance
is likely attributed to TCPP’s widespread use as a flame retardant in polyvinyl chloride
(PVC) and polyurethane foam materials commonly found in automotive upholstery and
dashboard components [34]. Global comparisons (Table S4) highlight limited airborne
OPE research in vehicle microenvironments. Swedish vehicle air reported an average
YOPEs of 2065 ng/m3—approximately eight times higher than this study [28]. In Japan's
Yokohama region, although most OPEs were undetected or below limits, TCPP reached a
maximum of 1500 ng/m?3, comparable to the highest TCPP concentration observed here
(1087 ng/m?3) [35]. Kim et al. found U.S. private car air averaged 59 ng/m?, with auto
parts stores exhibiting higher levels (258 ng/m?3), consistent with OPE use in automotive
plastics and flame retardants [14]. German studies in the Rhine region reported >~OPEs
ranging from 26.18 to 751 ng/m? (mean: 265.9 ng/m?) [27], while Swiss measurements
in Zurich recorded a TCPP mean of 260 ng/m? [36]. Collectively, these data indicate
that OPE concentrations in this study fall within the moderate range compared to global
vehicle microenvironments.

The compositional profile of OPEs in private vehicle air (Figure 2, Right) followed the
order: TCPP (68.1%) > TDCPP (11.6%) > TCEP (8.4%) > TBP (4.6%) > TBEP (2.8%) > TPHP
(2.1%) > DPEHP (1.2%) > TEHP (1.0%) > TPEP (0.1%). Chlorinated OPEs—TCPP, TDCPP,
and TCEP—dominated the mixture, accounting for 88.2% of total concentrations, with
TCPP as the primary contaminant. Non-chlorinated alkyl esters (TBP, TBEP, TEHP, TPEP)
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contributed 8.5% of the total OPEs load. This composition closely resembled that reported
for German Rhine-region private cars, where chlorinated OPEs accounted for 60% of total
concentrations [27]. Notably, TCPP represented 86% of total chlorinated OPEs in this study,
with TDCPP comprising 14%, while TCEP was undetected in German samples—likely
due to regional restrictions on TCEP production and use. Consistent with findings from
Sweden, the U.S., Switzerland, and Japan, TCPP emerged as the dominant congener in
transportation microenvironments globally [14,28,35,36]. This compositional similarity
suggests shared emission sources across different regions, primarily the use of chlorinated
OPEs (e.g., TCPP, TDCPP) as flame retardants in flexible polyurethane foams and polyvinyl
chloride materials commonly used in automotive interiors. Additional influencing factors
include vehicle service life, manufacturing origins, and regional regulatory policies on
specific OPE congeners. Correlation analysis among seven OPEs (excluding TBEP and
TPEP due to low detection rates) revealed significant associations, see Table S5. TPHP
correlated strongly with five congeners (p < 0.05), except for a weak relationship with TBP
(r=0.188, p > 0.05), likely due to shared physicochemical properties with DPEHP/TEHP,
indicating common sources. TCPP exhibited significant positive correlations with TCEP
(r=0.401, p < 0.01) and TDCPP (r = 0.546, p < 0.001), consistent with co-use in industrial
formulations. While most OPE pairs showed significant correlations, moderate correlation
coefficients (r < 0.6) suggest contributions from multiple emission pathways—such as in-car
air exchange, occupant-introduced contaminants, or differential environmental behaviors
(e.g., volatility, degradation rates) of individual congeners. These findings highlight the
complex interplay between source inputs and microenvironmental processes in shaping
OPE distribution patterns.

Table 2. Summary statistics and detection frequencies (DF) of OPEs in indoor air collected from
private cars in Guangzhou, China (ng/ m3).

4 . Percentile
Compounds - DF (%) Mean Min 25th 50th 75th 90th Max
TBP 75% 12.12 ND 0.0076 3.68 12.95 37.73 89.6
TCEP 95% 2236 ND 9.25 14.04 33.24 47.82 105.99
TCPP 100% 180.33 0.06 17.78 75.52 242.96 540.17 1087.38
TDCPP 91.7% 30.84 ND 1.19 3.66 7.05 15.00 827.49
TBEP 21.7% 7.36 ND <MDL <MDL <MDL 38.60 72.86
TPHP 93.3% 5.65 ND 0.64 1.85 5.07 10.03 108.8
DPEHP 73.7% 3.30 ND <MDL 0.83 8.60 8.87 22.94
TEHP 71.7% 261 ND <MDL 0.87 2.99 416 70.21
TPEP 11.7% 0.31 ND <MDL <MDL <MDL 125 3.81
¥9OPEs 100% 264.89 1.22 71.79 165.58 369.65 702.25 1288.81

DF: detectable frequencies; ND: not detected. MDL: Method Detection Limit.

3.3. Exposure Levels and Health Risks of OPEs in Four Indoor Environments for
Different Populations

In this study, the Monte Carlo algorithm was employed to calculate the daily respira-
tory exposure doses of different populations, using the total indoor air concentrations of
OPEs measured in homes, offices, student dormitories, and private cars in Guangzhou. The
results are presented in Table 3. Infants exhibited the highest exposure level, with a mean
daily exposure of 30.85 ng/kg/day, followed by toddlers and children, whose mean daily
exposures were 15.89 ng/kg/day and 12.41 ng-kg~!-d !, respectively. Adolescents and
adults had lower daily respiratory exposures compared to infants, toddlers, and children.
A general trend of decreasing daily OPE exposure levels in indoor ambient air with increas-
ing age was observed among different populations. When compared with other studies,
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the mean daily exposures of young children and adults to indoor air OPEs in homes in
Beijing were 2.1 ng/kg/day and 1.2 ng/kg/day, respectively [37]. In Australia, the daily
respiratory exposures of young children and adults to indoor air OPEs were 7 ng/kg/day
and 7.9 ng/kg/day [31], both of which were lower than those of the corresponding age
groups in this study. The relatively high exposure levels of OPEs in the indoor ambient air
observed in this study might be attributed to the elevated OPE concentrations detected in
the microenvironment of private cars.

Table 3. Daily respiratory exposure dose (ng/kg/day) of OPEs in indoor air of different age groups.

Infants TBP TCEP TCPP TDCPP TPHP DPEHP TEHP >OPEs
Mean 0.73 15.13 11.26 0.76 0.29 2.35 0.5 30.85
P5 0.02 2.78 1.15 0.16 0 0.75 0.02 7.42
P50 0.26 10.66 6.32 0.51 0.01 1.97 0.18 23.15
P95 271 42.13 37.08 1.62 0.74 5.17 1.96 79.18
Toddlers TBP TCEP TCPP TDCPP TPHP DPEHP TEHP >OPEs
Mean 0.39 777 5.61 0.38 0.15 1.19 0.27 15.89
P5 0.01 1.54 0.63 0.09 0 0.44 0.01 4.25
P50 0.14 5.61 3.32 0.27 0.01 1.03 0.09 12.05
P95 1.45 21.09 17.85 0.77 0.41 248 1.02 39.91
Children TBP TCEP TCPP TDCPP TPHP DPEHP TEHP >OPEs
Mean 0.45 2.69 7.55 0.94 0.44 0.17 0.13 12.41
P5 0.09 0.97 2.08 0.23 0.15 0.08 0.02 4.74
P50 0.31 224 5.79 0.39 0.35 0.13 0.08 10.34
P95 1.25 5.94 18.92 1.66 0.96 0.36 0.35 27.39
Adolescents TBP TCEP TCPP TDCPP TPHP DPEHP TEHP >OPEs
Mean 0.32 1.94 5.55 0.66 0.31 0.12 0.09 8.86
P5 0.06 0.71 1.53 0.17 0.11 0.06 0.02 3.43
P50 0.22 1.6 42 0.28 0.25 0.1 0.06 7.37
P95 0.86 4.26 13.6 1.18 0.68 0.26 0.25 19.12
Adults TBP TCEP TCPP TDCPP TPHP DPEHP TEHP >OPEs
Mean 0.29 3.37 4.27 0.48 0.18 0.39 0.13 9.1
P5 0.06 1.16 1.09 0.1 0.04 0.16 0.02 3.63
P50 0.2 2.78 3.28 0.24 0.12 0.34 0.08 79
P95 0.8 7.51 10.69 0.81 0.46 0.76 0.39 18.59

Sensitivity analyses were conducted to investigate the impacts of parameters, includ-
ing the concentration of OPEs in various indoor environments (C), respiration rate (IR),
and body weight (BW), on the respiratory exposure doses of different populations. The
contribution of each factor to the estimated daily intake (EDI) was calculated, and the
results are detailed in Table S6 and Figure 3. The contribution ratios of IR and BW to the
infant exposure dose (approximately 10%) were higher than those for other populations.
This indicates that infants are more sensitive to OPE exposure, likely due to their unique
crawling posture and lower body weight compared with the other four populations. For
infants and toddlers, only their exposure in the home environment was considered. The
concentration of OPEs in home air contributed 93-99.5% and 75.3-98.6% to the exposure of
toddlers and infants, respectively. For children and adolescents, the OPE concentration in
private cars was the primary contributor to their daily respiratory exposure doses (children:
60.2%; adolescents: 61.6%), followed by the influence of the study office environment
(children: 22.6%; adolescents: 23.1%). For adults, the OPE concentration in homes was
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the main contributor to their daily respiratory exposure doses (50.7%), with private cars
following as the second major contributor (30.3%).
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Figure 3. Comparison of the average daily respiratory exposure of OPEs to different populations.

The non-carcinogenic risk quotient (HQ) and carcinogenic risk index (CR) were em-
ployed to assess the respiratory exposure risks of OPEs in different indoor air environments
for residents of Guangzhou City, as presented in Table 4. The table shows that the mean HQ
values for different populations in this region were much less than one, suggesting that the
current exposure levels of OPEs in various indoor environments in Guangzhou do not pose
non-carcinogenic risks to humans. Carcinogenic risk assessment results indicated that the
CR values for infants, toddlers, children, adolescents, and adults were all below 1 x 107°,
indicating that the OPE exposure levels in different indoor environments in Guangzhou
City did not present carcinogenic risks in this study. However, it is noteworthy that the
mean carcinogenic effect value of OPEs for infants was 0.33 x 107°, the highest among
the five age groups. Considering that OPEs can enter the human body not only through
respiratory exposure but also via dermal contact, dust ingestion, and diet, and that infants
have more frequent dermal contact and dust ingestion routes compared with the other four
age groups, potential health risks for infants may still persist.

Table 4. Health risks of OPEs in indoor air of Guangzhou to different populations.

Non-Carcinogenic Risk Quotient * (x10-4) Carcinogenic Risk Index ? (x10-6)
Compounds
Infants Toddlers Children Adolescents Adults Infants Toddlers Children Adolescents Adults
TBP 0.73 0.39 0.45 0.32 0.29 0.0066 0.0035 0.0041 0.0029 0.0026
TCEP 21.61 11.10 3.84 2.77 4.81 0.30 0.16 0.054 0.039 0.067
TCPP 11.26 5.61 7.71 5.55 4.27 - - - - -
TDCPP 0.38 0.19 0.47 0.33 0.24 0.024 0.012 0.029 0.020 0.015
TPHP 0.041 0.021 0.063 0.044 0.026 - - - - -
TEHP 0.050 0.027 0.013 0.009 0.013 0.002 0.001 0.000 0.000 0.000
>¢OPEs 34.08 17.34 12.55 9.02 9.65 0.33 0.17 0.087 0.062 0.085

2 Reference dose (ng-kg ' bw day '), data from United States Environmental Protection Agency. The values
of TBP, TCEP, TCPP, TDCPP, TPHP, and TEHP are 10,000, 7000, 10,000, 20,000, 70,000, and 100,000, respectively.
b Cancer slope factor ((mg~kg’1 bw day’l)*l), data from United States Environmental Protection Agency. The
values of TBP, TCEP, TDCPP, and TEHP are 0.009, 0.02, 0.031, and 0.0032, respectively.
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4. Conclusions

This study investigated the concentration levels and compositional characteristics
of OPEs in 124 air samples from four indoor microenvironments in Guangzhou, China—
households, offices, student dormitories, and private cars—and evaluated human respira-
tory exposure risks. Results showed that organophosphorus flame retardants are ubiquitous
organic pollutants in Guangzhou’s indoor air, with concentrations falling within the global
low-to-medium pollution range. Significantly higher } OPEs (sum of OPEs) concentrations
were observed in private car indoor air compared to the other three microenvironments,
highlighting the need for increased attention to OPE environmental behavior in vehicles
and associated human exposure risks. Respiratory exposure risk assessments indicated
low inhalation-based exposure levels of OPEs for all populations in Guangzhou, with no
significant overall non-carcinogenic or carcinogenic health risks identified. Nevertheless,
this study also has certain limitations. In terms of spatial and temporal scales, the research
only selected four types of micro-environments in Guangzhou, without considering cli-
mate, ventilation design, and industrial differences, and did not cover seasonal variations.
Therefore, it is difficult to reflect the temporal and spatial dynamics of OPE concentrations.
The pollution source analysis is not in-depth, there is no direct traceability of materials,
and no detection of emerging OPEs. In terms of exposure pathways, only respiratory expo-
sure was evaluated, without considering dermal contact, dietary intake, and dust contact,
especially the multi-pathway exposure situations of special groups such as infants, which
may underestimate the actual risk. Future research can be conducted in the directions of
multi-media sampling, cross-regional seasonal studies, and material traceability.
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Abstract: One of the key tasks in the geological disposal of radioactive waste is to investi-
gate the blocking ability of different host rocks on nuclide migration in the disposal site.
This study conducted experimental and numerical methods to the adsorption, diffusion,
and advection-dispersion behavior of *Tc in three types of rocks: granite, clay rock, and
mudstone shale, with a focus on the influence of anion exclusion during migration. The
research results found that the three types of rocks have no significant adsorption effect
on ?Tc, and the anion exclusion during diffusion and advection-dispersion processes can
block small “channels”, causing some nuclide migration to lag, and accelerate the nuclide
migration rate in larger “channels”. In addition, parameters characterizing the size of anion
exclusion in different migration behaviors, such as effective diffusion coefficient (De) and
immobile liquid region porosity (6;,,), were fitted and obtained.

Keywords: granite; clay rock; mudstone shale; anion exclusion; 9T

1. Introduction

Radioactive waste is a unique byproduct generated during the use of atomic energy,
and its safe disposal has always been a focal point of public concern. According to the IAEA
safety standards, radioactive wastes are categorized into six groups based on their radioac-
tivity levels, ranging from highest to lowest: high-level waste (HLW), intermediate-level
waste (ILW), low-level waste (LLW), very low-level waste (VLLW), very short-lived waste
(VSLW), and exempt waste (EW) [1]. With the exception of short-lived waste and EW, all
other types of waste must undergo various disposal methods, such as near-surface disposal,
intermediate-depth disposal, and deep geological repository, for long-term management.
The migration of radioactive nuclides from the waste to the surrounding environment
must be effectively impeded and isolated through a “multi-barrier system” [2]. Therefore,
evaluating the barrier capabilities of different rock types against nuclides is a crucial task
in the selection and construction of radioactive waste disposal facilities [3].

Currently, numerous studies have conducted experiments and numerical simulations
on the migration of radioactive nuclides through adsorption, diffusion, and convection—
dispersion in various types of rocks, yielding a substantial amount of data [4-7]. In recent
years, the research focus has transitioned from determining key parameters of nuclide
migration behavior to comprehending the primary factors and mechanisms involved in
these processes. For instance, Lee investigated the diffusion behavior of Se (IV) in Tamusu
clay rocks, emphasizing the impact of compaction density on diffusion behavior [8]. Sun
examined the adsorption and diffusion behavior of Se (IV) and Se (VI) in clay rocks,
exploring the influence of different valence states of the same nuclide on their migration
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behavior [9]. Qi delved into the migration and adsorption behavior of Se (IV) and Sr (II)
in granite minerals and fracture fillers, and scrutinized the influence of different chemical
forms on the migration behavior of nuclides [10].

In the past, many scholars previously categorized anionic nuclides such as *Tc
(TcO47), T 1057), 30Cl1 (C17), and 3H (H*) as non-adsorbed nuclides. Consequently, in
numerous hydrogeological experiments, researchers tend to employ anionic elements as
tracers to derive geological parameters [11,12], overlooking the “accelerated” migration
of nuclides due to anionic exclusion. While some studies have addressed the impact of
anionic exclusion on the diffusion and convection-dispersion migration behavior of ele-
ments like C1™ and IO3 ™ [13-15], there has been no comprehensive investigation into the
effects of anionic exclusion on the adsorption, diffusion, and convection—dispersion of a
specific anion nuclide. In 2022, Shi examined the convection-dispersion migration behavior
of various iodine ion forms in granite, emphasizing the influence of different chemical
forms (I” /I37) on anionic exclusion [16]. This study offers insights into understanding the
“accelerated migration” behavior of anionic nuclides.

9Tc is a significant nuclide found in the waste produced by nuclear power plants,
boasting a high fission yield (6.13%) in reactors. Compounds of Tc can display oxidation
states ranging from -I to VII, typically existing as TcO4 ™~ in aqueous solutions [17]. Research
on the migration behavior of *Tc has primarily centered on the impact of changes in
nuclide valence states on solubility [18,19] and anionic exclusion [20,21], driven by its
unique characteristics of “multiple chemical valence states” and “non-adsorption.” The
former elucidates how redox conditions in the environment influence the migration of *Tc
in complex settings, aiding in the separation and elimination of *Tc from multi-nuclide
mixed solutions. The latter explores the effects of anionic exclusion on *Tc migration by
comparing its behavior with that of other nuclides in various solid-phase media [22].

Diffusion and advection—dispersion are the primary mechanisms through which
radioactive nuclides migrate in the rock medium of disposal sites, influenced by physical
and chemical factors. Physical factors pertain to the characteristics of nuclide movement
channels within the solid phase medium, defined by parameters like porosity, effective
diffusion coefficient, and dispersibility [23]. Chemical factors involve the interaction
between nuclides and the surrounding media during migration, particularly in terms of
adsorption, with characteristic parameters including distribution coefficient and adsorption
rate [24]. The migration of nuclides is concurrently affected by physical and chemical factors.
To elucidate the specific role of an influencing factor in nuclide migration, it is typically
necessary to initially conduct diffusion and advection-dispersion tests using non-adsorbed
nuclides (e.g., HTO) and subsequently introduce designated nuclides to investigate the
influencing factors of nuclide migration behavior [25,26].

This study utilized batch experiments [27], diffusion experiments [28], and column
experiments [29] to replicate the adsorption, diffusion, and advection—dispersion charac-
teristics of *”Tc in granite, clay rock, and shale. The essential parameters governing the
diffusion and advection—dispersion behavior of *Tc were determined through numerical
model fitting [30]. A comparison with the diffusion and advection—dispersion parameters
of HTO in the same rock medium facilitated a discussion on the impact of anion repulsion
on the migration behavior of *Tc.

2. Theory of Adsorption, Diffusion, and Advection-Dispersion
2.1. Distribution Coefficient Model

The distribution coefficient is a parameter that characterizes the distribution of nu-
clides in the solid-liquid phase. According to the IAEA definition, the distribution coeffi-
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cient is determined by the ratio of nuclide activity concentration in the solid phase to that
in the liquid phase [30]. The expression formula is as follows:
(co—ce) XV
Ky=—"— 1

d X 1)
where ¢ is the initial activity concentration of nuclides in the liquid phase (Bq/L), ¢, is the
activity concentration of nuclides in the liquid phase at adsorption equilibrium (Bq/L), V
is the total volume of the solution (mL), and M is the mass of the solid phase medium (g).

2.2. Diffusion Model

According to the theory of porous media, rock samples are generalized as isotropic
homogeneous porous media, and the diffusion behavior of nuclides in the sample is
equivalent to one-dimensional. The diffusion equation is established based on the principle
of conservation of mass and the concept of typical unit cells, and the obtained diffusion
curve is fitted to the solution of the equation to obtain the diffusion coefficient [31].

doC D, 0*C
— = Jiz )
ot R ox
D
D, = 78 (3)
o =04 pp x kg (4)
Pb
f=1-—— 5
0, ©)
The initial conditions and boundary conditions are as follows:
Boundary conditions: C(x,0) =0, x>0
Initial conditions: C(0,t) = Cy, t >0
C(oo,t) =0, t>0 (6)

where C(x,t) is the concentration distribution of tracer in the vertical direction of the thin
slice (Bq/mL), D, is the effective diffusion coefficient of the tracer in the vertical direction
of the thin film (m?/s), D, is the apparent diffusion coefficient of the tracer in the vertical
direction of the thin film (m?/s), « is the capacity factor, x is the one-dimensional diffusion
distance (cm), ¢ is the diffusion time (d), Cy is the initial concentration value of each tracer
in the source solution tank (Bq/mL), K; is the adsorption distribution coefficient of the
nuclide (mL/g), 0 is the total porosity of the porous medium, which is the ratio of the pore
volume to the total volume of the medium, py, is the dry density of the solid phase medium
(kg/m?), and ps is the particle density (kg/m?).

2.3. Advection—Dispersion Model
2.3.1. Equilibrium Transport (E-T)

The one-dimensional equation is as follows [32]:

d d acy
506 +pv9) = 5 (00T ~ Juc ) = B~ s +0n(x) +pors(x) )

where ¢, is the volume-averaged or resident concentration of the liquid phase (ML™3); s is
the concentration of the adsorbed phase (MM~1); D is the dispersion coefficient (LT 1y,
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(Gm+fpb

(Gim + (1

6 is the volumetric water content (L3L~3); J,, is the volumetric water flux density (LT~1);
pp is the soil bulk density (ML ~3); u; and p; are the first-order decay coefficients for the
degradation of the solute in the liquid and adsorbed phases, respectively (T~1); r; (ML ™3
T-1) and rs MM ~! T~1) are the zero-order production terms for the liquid and adsorbed
phases, respectively; x is the distance (L); and ¢ is the time (T).

The solute adsorption by the solid phase is expressed using a linear isotherm

as follows:
s = Ky 8)

where K;; is an empirical distribution constant (M~!L3). Using (8) and assuming a steady-
state flow in a homogeneous soil, (7) may be rewritten as follows:
ac, %,  dcr
Rﬁ — DW —'Ug —;l/lcr+r<x) (9)
where v(= %”) is the average pore-water velocity; R is the retardation factor given by
R =1+ %; and p and r are combined first- and zero-order rate coefficients: y =
w+ 7’"”1(9‘1”5, r(x) = r(x) + —pbyg(x) , respectively.

2.3.2. Two-Region Nonequilibrium Transport (T-N)

A two-region transport model was proposed, and it was assumed that the liquid
phase can be partitioned into mobile (flowing) and immobile (stagnant) regions (which
are produced by anion exclusion). The solute exchange between the two liquid regions is
simulated as a first-order kinetic process. The two-region solute transport model is given
by [33].

Jc d%c dc
Kd)a—;n: QmDmW;” - ]wa—;" —a(cm — Cim) — (Omprm + forKaptsm)Cm + Omtm (x) + foprsm(x)
ac;
— feuKa) altm = a(cm — Cim) — Oimpr,im + (L= f)ouKats,im)Cim + Oim?1,im (x) + (1 = f)opTs im (x)

where the subscripts m and im refer to the mobile and immobile liquid regions, respectively;
Jw = v X 8 = vy X Oy is the volumetric water flux density; f represents the fraction of
adsorption sites that equilibrates with the mobile liquid phase; and a is the first-order mass
transfer coefficient governing the rate of solute exchange between the mobile and immobile
liquid regions. 0 is equal to 6, + 0;y,; 11 ,, and yy ;,,, are first-order decay coefficients for
the mobile and immobile liquid phases, respectively; y , and u; ;,, are first-order decay
coefficients for the mobile and immobile adsorbed phases, respectively; r; ,, and 7 ;,,, are
zero-order production for the mobile and immobile liquid phases, respectively; and 7.
and ry ;,, are zero-order production terms for the mobile and immobile adsorbed phases,
respectively.

3. Experiments
3.1. Rock

The granite, clay rock, and mudstone utilized in this study were sourced from radioac-
tive waste disposal sites under construction, planned construction, and existing sites in
northwest, northern, and southwestern China, respectively. Following retrieval, all the
rock samples were crushed, washed thrice with deionized water, and dried at 100 & 10 °C
for 24 h before being stored. Both batch and column experiments were conducted. Batch
experiments and diffusion experiments were conducted using rock samples with a particle
size of 0.075 mm or less. In the column experiment, the particle size of the granite was less
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than 0.075 mm, while the particle size of the clay rock and mudstone shale ranged from
0.425 mm to 0.25 mm.

3.2. Rock Sample Analysis

X-ray Powder diffractometer (XRD,D-Power, Anhui Guoke Instrument Technology
Co., Ltd., Hefei, China), X-ray Fluorescence Spectrometer (XRF, Zetium, Malvern Panalyt-
ical, Malvern, UK), and Scanning Electron Microscopy—Energy-Dispersive Spectrometer
(SEM-EDS,TH-F120, CIQTEK Co., Ltd., Hefei, China) were utilized to analyze the mineral
and chemical composition of the granite, clay rock, and mudstone shale, respectively.

3.3. Batch Experiment

The adsorption behavior was investigated using a batch experiment method. A1.0 g
treated rock sample was weighed and placed in a 15 mL centrifuge tube. Subsequently, a
10 mL nuclide solution (initial activity concentrations of 800 Bq, 1600 Bq, 2400 Bq, 3200 Bq,
4000 Bq) mixed with ultrapure water was added, maintaining a solid-liquid ratio of
1:10 g/mL and a pH value of 7.3-8.0. The mixture was shaken continuously at 25 °C for
48 h to ensure full contact of the sample. Following this, a centrifuge was used to separate
the solid and liquid phases. The water sample was then extracted to measure the nuclide’s
activity and calculate the activity concentration. The 99Te sample (China Tongfu Co.,
Ltd., Nantong, China) was analyzed and measured using an ultra-low background liquid
scintillation spectrometer (SIM-MAX LSA3000, Shanghai Xinman Sensing Technology
Research and Development Co., Ltd., Shanghai, China).

3.4. Diffusion Experiment
3.4.1. Diffusion Experimental Device

Figure 1 illustrates the equipment utilized in the diffusion experiment, comprising
three main components: the source liquid tank, the liquid collection tank, and the rock slice.
Introduce nuclides into the source liquid tank, fill the liquid tank with ultrapure water
devoid of solutes, secure the rock sheet using a porous filter, and position it at the center of
the diffusion device using two “O” rings. Additionally, to maintain the long-term integrity
of the sample medium and prevent damage, secure the sample with two polyethylene
filters on both sides and insert it into the experimental apparatus. The experimental setup
parameters are detailed in Table 1.

PP column
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Figure 1. Diffusion experimental device.
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Table 1. Diffusion experimental device parameters.

Device Length (cm) Diameter (cm)

Diffusion device 20.2 cm 74 cm
Source hqul.d tank (liquid 49 em 39 cm
collection tank)
rock slice 0.3 cm 5cm

3.4.2. Diffusion Experimental Procedure

a. Granite, clay rock, and mudstone with a particle size less than 0.075 mm are
compacted to obtain experimental samples with a density of 2.0 g/cm?, and fixed through
filters before being placed in a diffusion tank.

b. Water saturation treatment is performed on rock fragments by filling the source
liquid tank with ultrapure water. The water is allowed to permeate into the extraction tank
under the influence of a water level difference, saturating the rock fragments with water.

c. After saturating the rock fragments with water, the nuclide HTO (20 Bq/mL) is
initially introduced into the source liquid tank. This tank is linked to an external storage
tank via a peristaltic pump (30-60 min per cycle, with a water flow rate of 500-1000 mL).
The solubility of nuclides in the source liquid tank is maintained at a constant level by
continuously monitoring the HTO content in the storage tank. Simultaneously, ultrapure
water is added to the extraction tank to ensure a consistent water level on both sides. Peri-
odically, all the solutions in the extraction tank are extracted for HTO activity measurement.
The diffusion experiment of HTO is concluded once analysis and calculations confirm
the attainment of equilibrium. An ultra-low background liquid scintillation spectrometer
(SIM-MAX LSA3000, Shanghai Xinman Sensing Technology Research and Development
Co., Ltd.) is employed for the analysis and quantification of HTO (China Tongfu Co., Ltd.).

d. After rinsing the HTO clean, the **Tc (15 Bq/mL) solution is placed into the source
tank and connected to an external storage tank using a peristaltic pump (30-60 min per
cycle, with a water flow rate of 5001000 mL). The **Tc content in the storage tank is
continuously measured to ensure constant solubility of nuclides in the source tank. All the
solutions are regularly taken out from the tank, and the activity of nuclides is measured.
After confirming diffusion equilibrium through analysis and calculation, all diffusion tests
are stopped.

3.5. Column Experiment
3.5.1. Column Experimental Device

The device is shown in Figure 2 and consists of three parts: the injection end, column,
and collection end. The injection end includes bottle 1 (for storing nuclide solution) and
bottle 2 (for storing ultrapure water). The injection of nuclides is achieved by controlling
a three-way valve connected to a peristaltic pump. The column is filled with rock and
soil samples, and filters are installed at the upper and lower ends to prevent sample loss.
The collection end is used for collecting the effluent from the column, and the automatic
collector completes the sample sampling at regular intervals. The device parameters are
shown in Table 2.
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Figure 2. Column experimental device.

Table 2. Column experimental device parameters.

Device Length Diameter
Granite column
(Particle size < 0.075 mm) 10 em 1.6 cm
Clay rock column
(0.425-0.25 mm) 10.em 1.6 cm
Mudstone shale column
10 cm 1.6 cm

(0.425-0.25 mm)

3.5.2. Column Experimental Procedure

a. Fill the processed granite, clay rock, and mudstone samples into glass columns with
a density of 1.25 g/cm?. Install filter screens at the upper and lower ends of the column to
prevent the loss of soil samples during water flow erosion.

b. To saturate the rock column with water, adjust the three-way valve and open the
peristaltic pump to slowly inject ultrapure water from the bottom of the column in bottle 2.
Stop when water flows out from the outlet to fully saturate the rock and soil column.

c. Inject HTO solution into bottle 1, adjust the three-way valve, and open the peristaltic
pump to inject HTO (5000 Bq) into the soil column instantly. Then, regulate the three-way
valve to introduce ultrapure water into the column at a flow rate of 0.25 mL/min while
keeping the pH within the range of 7.3-8.0. Periodically collect and analyze samples at the
outflow end. Cease the HTO penetration test once the HTO content in the outflow falls
below the lower limit of detection.

d. After rinsing the HTO in bottle 1, replace it with **Tc solution and inject *Tc
(5000 Bq) into the soil column instantly following the same steps. Collect samples at the
outflow end and analyze them periodically. Terminate the test when the nuclide content in
the outflow is below the detection lower limit.

3.6. Mathematical Model and Parameter Estimations

Use 1stOpt 6.0 (First Optimization) software and STANMOD 2.10 (STudio of ANalytic
MODels), respectively, to fit the experimental data obtained from diffusion experiments
and convection—dispersion experiments. 1stOpt is a comprehensive mathematical op-
timization analysis tool software package that has achieved good results in handling
nonlinear regression, curve fitting, and other problems through the use of the Universal
Global Optimization (UGO) algorithm. STANMOD is a Windows-based computer software
package used to evaluate solute transport in porous media using analytical solutions of
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the advection—dispersion solute transport equation. The software includes modified and
updated versions of the CXTFIT code for estimating solute transport parameters using
nonlinear least squares parameter optimization methods. Both software use root mean
square error (RMSE) to represent the degree of fitting, which is defined as follows:

(o CE)Z

RMSE =
MS N

(12)

where C;, denotes the results of the numerical fitting and C, denotes the experimental data.

4. Results and Discussion
4.1. Mineral Composition and Chemical Composition

The mineral and chemical composition analysis of the granite, clay rock, and mudstone
shale is depicted in Figures 3 and 4, and Table 3.
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Figure 3. XRD analysis results of rock samples.

Table 3. Mineral composition and chemical analysis results of rock samples (%).

Rock Mica Quartz Potassium Plagioclase Illite Montmorillonite Zeolite
Feldspar
Granite 10.8 20.5 30.2 38.5 / / /
Clay rock 11.1 4.0 / 16.9 23.6
Mudstone / 467 / 9.7 246 19.0 /
shale
Rock Calcite Dolomite SiO, Al,O3 Na,O K,O CaO
Granite / / 66.81 15.88 3.83 4.82 3.43
Clay rock 9.6 34.8 30.61 9.72 3.08 2.14 27.95
Mudstone
shale / / 61.15 20.81 0.33 5.15 0.67
Rock Fe203 MgO TiOZ P205 803 MnO SrO
Granite 3.04 1.24 0.469 0.146 0.10 0.05 0.05
Clay rock 6.74 14.72 0.621 0.080 3.74 0.20 0.27
Mudstone 8.47 2.14 0.88 0.16 0.03 0.08 0.01
shale
Rock BaO szo ZI‘OQ ZnO Lazog, V205 CI‘QO3
Granite 0.05 0.02 0.01 0.01 0.01 0.01 0.004
Clay rock / 0.02 0.02 0.01 / 0.02 0.021
Mudstone 0.02 0.03 0.03 / 0.01 0.02 0.020
shale
Rock Ga203 PbO C0304 Cl Ce02 CuO Er203
Granite 0.003 0.003 0.002 0.032 / / /
Clay rock 0.002 / 0.003 0.083 0.006 0.005 0.004
Mudstone 0.003 / 0.003 0.023 / / /
shale
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Figure 4. XRF analysis results of rock samples.

4.2. Batch Experiment Results

Batch experiments were carried out to investigate the adsorption behavior of *Tc
in the granite, clay rock, and mudstone shale. The results are illustrated in Figure 5.
The distribution coefficients of *Tc for the granite, clay rock, and mudstone shale are
0.85mL/g, 0.78 mL/g, and 0.30 mL/g, respectively. The solid-phase adsorption capacity in
this study was determined by subtracting the liquid phase content post-adsorption from the
total input amount, considering measurement errors in the liquid phase sample and solute
losses during operations. Subsequent diffusion and convection—dispersion experiments
indicated that the granite, clay rock, and mudstone shale exhibited negligible adsorption
capacity for *Tc in this investigation.
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Figure 5. Adsorption capacity of different rocks for *Tc.

4.3. Diffusion Experiment Results
4.3.1. Diffusion Experiment Results of HTO

To examine the diffusion pathways within the granite, clay rock, and mudstone shale,
experiments were conducted to analyze the diffusion characteristics of tritiated water
(HTO) within them. The experimental findings are shown in Figure 6. Each material was
tested in triplicate, with each test lasting 588 h. Following the initiation of the experiments,
the diffusion profiles of HTO in all the substrates exhibited a swift escalation. The diffusion
capacity of HTO in the three rock types follows the order granite > clay rock > mudstone
shale. The diffusion parameters were determined through numerical simulation methods,
and the fitting effect, along with related parameters, is presented in Figure 7 and Table 4.
The experimental results demonstrate variations in porosity among different rock types:
granite (J = 0.26) > mudstone shale (& = 0.20) > claystone (& = 0.18). Regarding the
effective diffusion coefficient, a notable discrepancy exists within the granite samples, with
values ranging from 2.48 x 1072 to 4.05 x 10~!! m?/s. In contrast, the disparity between
clay rock and mudstone shale is insignificant, with diffusion coefficients ranging from
2.60 x 1071 t01.99 x 107! m? /s and 2.03 x 10~ t0 2.50 x 10! m? /s, respectively.

hat T T T T T T T . T T T
0 100 200 300 400 500 600 0 100 200 300 400
T(h) T(h)

(a) Granite (b) Clay rock (c) Mudstone shale

. . T T T T T — T
500 600 0 100 200 300 400 500 600
T(h)

Figure 6. Diffusion curves of HTO in different rocks.
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Figure 7. Fitting of diffusion curves of HTO in different rock media.

Table 4. Parameters for fitting diffusion curves of HTO in different rock media.

Rock o ® D, D, R? RMSE
Granite-1 0.26 0.26 1.56 x 10719 m?/s 4.05 x 1071 m?/s 0.999 0.060
Granite-2 0.26 0.26 9.54 x 1071 m?/s 248 x 10712 m?/s 0.998 0.094
Granite-3 0.26 0.26 1.45 x 10719 m?/s 3.76 x 10711 m?/s 0.999 0.067

Clay rock-1 0.18 0.18 142 x 10719 m?/s 2.60 x 10711 m?/s 0.998 0.096
Clay rock-2 0.18 0.18 1.09 x 10719 m? /s 1.99 x 107" m? /s 0.999 0.042
Clay rock-3 0.18 0.18 1.38 x 10719 m? /s 253 x 1071 m?/s 0.998 0.161
Msiiioile 0.20 0.20 1.02 x 10710 m?2/s 2.03 x 10711 m?/s 0.994 0.172
MSLI‘STEO;G 0.20 0.20 1.25 x 10710 m?/s 2.50 x 1011 m?/s 0.999 0.063
Mudstone 020 020 105 x1070m2/s 210 x 101 m?/s 0.989 0.260

4.3.2. Diffusion Experiment of I9Te

The *Tc diffusion curve is depicted in Figure 8. Generally, the diffusion pattern of *Tc
resembles that of HTO, suggesting negligible adsorption impact of the medium on *Tec.

—=— (ranite
—o— (Clay Rock
—A— Mudstone

"f"

0 200 400 600 800 1000 1200 1400 1600 1800
T (h)

Figure 8. Diffusion curves of *Tc in different rocks.

The diffusion experiment lasted for 1584 h, and the cumulative concentration ratio
of PTc in different rock media was granite < clay rock < mudstone shale, which contrasts
significantly with the diffusion behavior of HTO. This difference is attributed to **Tc
existing in an anionic state (TcO4 ™) in aqueous solution, leading to repulsion by anions in
the rock pores. This repulsion results in the blockage of small pores while accelerating the
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migration of nuclides in larger pores. Moreover, a higher clay mineral content intensifies the
repulsive effect, indicating that *Tc diffuses most rapidly in mudstone shale and slowest
in granite.

For the fitting of the diffusion curve of **Tc, the “anion repulsion” effect, not explicitly
defined in current diffusion models, influences both the distribution coefficient (represented
by negative values) and the effective diffusion coefficient (leading to a significant decrease).
These parameters directly impact the capacity factor « and porosity @ in the fitting process.
To enhance the precision of the fitting parameters, the primary approach involves initially
determining the apparent diffusion coefficient Da and capacity factor a through curve
fitting. Subsequently, the effective diffusion coefficient De is calculated, with the fixed
porosity @ remaining constant at its original value and the distribution coefficient set at
0. This method consolidates all the anion repulsion effects within the effective diffusion
coefficient.

The results of the fitting are displayed in Figure 9 and Table 5. Upon comparing the
parameters across various rock types, it was observed that the apparent diffusion coefficient
follows the order: mudstone > clay rock > granite. Similarly, the order for mud shale > clay
rock > granite remains consistent. Regarding the effective diffusion coefficient, the sequence
mudstone shale > clay rock > granite was noted, suggesting that the “anion repulsion”
of “Tc leads to an overall “accelerated” diffusion of nuclides. Notably, a stronger “anion
repulsion” corresponds to a smaller effective diffusion coefficient in these parameters.

0.5

hd T T
0 100 200 300 100 500 600
T(h)

Figure 9. Fitting of diffusion curves of *Tc in different rock media.

Table 5. Parameters for fitting diffusion curves of 99T¢ in different rock media.

Rock %] o D, (m2/s) D, (m?/s) K; (mL/g) R? RMSE
Granite 0.26 0.26 359 x 10~ 1 9.34 x 10712 0 0.999 0.006
Clay rock 0.18 0.18 8.97 x 10~ 11 1.71 x 1071 0 0.998 0.014
M‘;ﬁzgm 0.20 0.20 9.28 x 1011 1.86 x 10~ 1 0 0.997 0.014

4.4. Advection-Dispersion Experiment of %°Tc
4.4.1. Advection-Dispersion Experiment Results of HTO

The experimental results are depicted in Figure 10. Overall, the advection—dispersion
migration curves of HTO in different rocks exhibit an “S” shape, consistent with the
advection—-dispersion curve under the instantaneous input mode of non-adsorbed solutes
in homogeneous media. To ensure future accuracy in determining relevant physical
migration parameters of the medium, three parallel samples are analyzed for each case.
The HTO experiment in granite columns lasted 255 min, with peak occurrences at 30, 35, and
30 min, and corresponding peak values of 0.094, 0.193, and 0.159, respectively. For clay
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rock columns, the experimental durations were 96 min, 103 min, and 97 min, with peak
values observed at 24, 28, and 32 min, with corresponding peak values of 0.163, 0.100, and
0.100, respectively. In shale columns, the experimental duration of HTO was 102 min, with
peak values recorded at 27, 36, and 27 min, with corresponding peak values of 0.175, 0.235,
and 0.190, respectively.
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Figure 10. Advection-dispersion curves of HTO in different rocks.
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The advection—dispersion parameters were determined through a balanced model
fitting. The fitting effect and associated parameters are presented in Figure 11 and Table 6,
respectively. The dispersion values for granite range from 0.631 to 0.640 cm, for clay rock
from 0.248 to 0.285 cm, and for mudstone from 0.263 to 0.323 cm.
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Figure 11. Fitting of advection—dispersion curves of HTO in different rock media.

Table 6. Parameters for fitting advection—dispersion curves of HTO in different rock media.

Rock 1% D Dy, R RMSE
Granite-1 0.241 cm/min 0.152 cm?/min 0.631 cm 1.00 5.25 x 107
Granite-2 0.242 cm/min 0.155 cm? /min 0.640 cm 1.00 3.89 x 107
Granite-3 0.242 cm/min 0.154 cm?2/min 0.636 cm 1.00 945 x 10~°

Clay rock-1 0.383 cm/min 0.095 cm?/min 0.248 cm 1.00 1.57 x 107°
Clay rock-2 0.358 cm/min  0.095 cm?/min 0.269 cm 1.00 3.46 x 10710
Clay rock-3 0.322 cm/min 0.092 cm? /min 0.285 cm 1.00 9.26 x 107°
Mudstone shale-1 0.342 cm/min 0.098 cm? /min 0.287 cm 1.00 1.04 x 107>
Mudstone shale-2 0.312 cm/min 0.101 cm?/min 0.323 cm 1.00 1.24 x 107°
Mudstone shale-3 0.346 cm/min 0.091 cm?/min 0.263 cm 1.00 9.14 x 10~

4.4.2. Advection-Dispersion Experiment Results of **Tc

The advection—dispersion behavior of ®Tc in the granite, clay rock, and mudstone

shale is illustrated in Figure 12. The migration curve of *Tc in granite and clay rock

exhibits an “S” shape, while the migration curve of mudstone shows a distinct “tailing”

phenomenon. This observation is attributed to the “anion repulsion” of *Tc during the

184



Toxics 2025, 13, 760

convection—dispersion process in mudstone. This phenomenon causes a more pronounced
“blockage” of small pores in mudstone compared to granite and clay rock, leading to
delayed outflow of certain nuclides and the emergence of a “tailing” effect.

—=— Granite
—e— Clay Rock
—A— Mudstone

Figure 12. Advection-dispersion curves of *Tc in different rocks.

Different numerical models were utilized to fit the ° Tc advection—dispersion migration
curves in granite, clay rock, and mudstone shale. The fitting outcomes and associated
parameters are presented in Figure 13 and Table 7. Initially, the equilibrium transport
(E-T) model was applied to fit the advection-dispersion migration curves of *Tc in various
rocks, demonstrating a satisfactory fitting effect. However, the calculated distribution
coefficients were consistently negative, which contradicted the actual conditions. This
discrepancy suggests that **Tc experiences “anion repulsion” during migration, leading to
some channels being “blocked”, resulting in negative distribution coefficients derived from
the equilibrium transport model. Subsequently, the two-region nonequilibrium transport
(T-N) model was employed to fit the curves and derive the relevant transfer parameters.
The dispersion, movable zone porosity, and immovable zone porosity of **Tc in granite
migration are 0.630 cm, 0.26 cm, and 0.11 cm, respectively; in clay rock, they are 0.215 cm,
0.16 cm, and 0.15 cm, respectively; and in mudstone, they are 0.320 cm, 0.17 cm, and
0.18 cm, respectively. Comparing the immovable zone porosity proportions, it was observed
that the “anion repulsion” effect influences the *Tc migration behavior in mudstone in the
following order: (51%) > clay rock (48%) > granite (30%).

B Granite
® (Clay Rock,

B (ranite

® (lay Rock,
A Mudstone 0-18 A Mudsl..one“
Granite Fit 0.16 - Granite l‘lt'
—— Clay Rock Fit : —— Clay Rock Fit

Mudstone Fit Mudstone Fit

T (min)

(a) E-T model (b) T-N model

Figure 13. Fitting of advection-dispersion curves of *Tc in different rock media.
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Table 7. Parameters for fitting advection-dispersion curves of *Tc in different rock media.

Model Granite Column
BT % D Dy, R K, RMSE
- 0.254 cm/min 0.16 cm?/min 0.630 cm 0.981 <0 1.97 x 1075
N 1% D Dy, O Oim RMSE
B 0.254 cm/min 0.16 cm? /min 0.630 cm 0.26 0.11 1.10 x 10>
Model Clay rock column
BT 1% D Dy, R K, RMSE
- 0.256 cm/min 0.055 cm?/min 0.215 cm 0.707 <0 1.60 x 1075
N 1% D Dy, O Oim RMSE
B 0.256 cm/min 0.055 cm?2/min 0.215 cm 0.16 0.15 1.45 x 107>
Model Mudstone shale column
BT 1% D Dy, R K, RMSE
; 0.286 cm/min 0.092 cm? /min 0.320 cm 0.954 <0 1.14 x 1075
N %4 D Dy, 0. Oim RMSE
B 0.286 cm/min 0.092 cm? /min 0.320 cm 0.17 0.18 1.07 x 107>

5. Conclusions

A systematic study was conducted on the adsorption, diffusion, and advection—
dispersion behavior of *Tc in granite, clay rock, and mudstone shale, with a focus on
the influence of “anion repulsion” on the migration process of *Tc. The key parameters
were obtained through numerical fitting to quantify their degree of influence. The research
conclusions are as follows:

1. Batch experiments were conducted, revealing that granite, clay rock, and mudstone
shale exhibited negligible adsorption of *Te.

2. The anion exclusion observed in the diffusion of *Tc can impede certain narrow
channels, demonstrating that a higher anion exclusion leads to a reduced effective diffusion
coefficient. Conversely, the anion exclusion can enhance the diffusion rate of *Tc in wider
water channels. Moreover, the anion exclusion encountered during the diffusion of *Tc is
more pronounced in shale than in clay or granite.

3. PTc is influenced by anion exclusion in the advection-dispersion process, making it
challenging to achieve satisfactory fitting results using the equilibrium transport model.
Therefore, employing a two-region nonequilibrium transport model becomes essential
to accurately determine parameters such as porosity in the immobile zone due to anion
exclusion across various media.
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Abstract: Polycyclic aromatic hydrocarbons (PAHs) are persistent organic pollutants with
significant ecological and public health implications, particularly in urban wetlands ex-
posed to chronic anthropogenic stress. This study evaluates the occurrence, spatial dis-
tribution, seasonal variability, and ecological risk of three low molecular weight PAHs—
naphthalene (NAP), phenanthrene (PHEN), and anthracene (ANT)—in surface waters of
Cafio La Malaria, the main freshwater source of Cucharillas Marsh, Puerto Rico’s largest
urban wetland. Surface water samples were collected at four locations during both wet-
and dry-season campaigns. Samples were extracted and quantified by GC-MS. NAP was
the dominant compound, 23PAHs concentrations ranging from 7.4 to 2198.8 ng/L, with
higher wet-season levels (mean = 745.79 ng/L) than dry-season levels (mean = 186.71
ng/L); most wet-season samples fell within the mild-to-moderate contamination category.
Compositional shifts indicated increased levels of PHEN and ANT during the wet season.
No significant spatial differences were found (p = 0.753), and high correlations between sites
(r = 0.96) suggest uniform input sources. Diagnostic ratios, inter-species correlations, and
principal component analysis (PCA) consistently indicated a predominant pyrogenic origin,
with robust PHEN-ANT correlation (r = 0.824) confirming shared combustion-related
sources. PCA revealed a clear separation between dry- and wet-season samples, with the
latter showing greater variability and stronger associations with NAP and ANT. Ecological
risk assessment using hazard quotients (HQuater) indicated negligible acute toxicity risk
across all sites and seasons (<0.01); the highest HQyyater (0.0095), observed upstream during
the wet season, remained within this range. However, benchmark exceedances by PHEN
and ANT suggest potential chronic risks not captured by the acute ERA framework. These
findings support integrated watershed management practices to mitigate PAH pollution
and strengthen long-term ecological health in tropical urban wetlands.

Keywords: polycyclic aromatic hydrocarbons; urban wetland; surface water; seasonal
variability; ecological risk assessment

1. Introduction

Polycyclic aromatic hydrocarbons (PAHs) are semi-volatile organic compounds with
two or more fused aromatic rings, broadly classified into low molecular weight (LMW,
2-3 rings) and high molecular weight (HMW, >4 rings), a distinction that governs their
environmental behavior [1]. LMW-PAHS, due to their higher solubility and mobility, are
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generally more abundant in surface waters, whereas HMW-PAHs are particle-associated,
prone to sediment accumulation, and often occur near or below detection limits [2,3]. They
originate from natural and anthropogenic sources, mainly incomplete combustion of fossil
fuels and biomass (pyrogenic), petroleum refining and spills (petrogenic), and, to a lesser
extent, biogenic synthesis by microorganisms and plants [4,5]. PAHs are widely dispersed
across atmospheric, terrestrial, and aquatic systems [6-8]. Transport processes such as
atmospheric deposition, urban runoff, and wastewater discharge drive their accumulation
in sediments and subsequent transfer through food webs [9-11]. Due to their persistence,
hydrophobicity, and toxic properties, PAHs are classified as priority pollutants by the
United States Environmental Protection Agency (USEPA) and are of global concern for
their mutagenic, teratogenic, and carcinogenic effects [12,13]. These risks are especially
critical in shallow urban wetlands, where stormwater inflows and limited dilution capacity
exacerbate ecological exposure [14-16].

Urban wetlands, located within or near densely populated areas, function as transi-
tional ecosystems that provide critical services such as water filtration, flood control, and
habitat for aquatic organisms [17]. Because of their proximity to multiple anthropogenic
emission sources, they are highly vulnerable to contamination by PAHs, receiving inputs
from traffic emissions, industrial discharges, and unregulated stormwater runoff [14,18].
In this context, they act both as reservoirs and conduits for pollutants, while also serv-
ing as natural ecological filters that can decrease PAHs through microbial degradation,
sedimentation, and plant uptake under favorable conditions [19].

Elevated concentrations of PAHs have been reported in urban rivers, lakes, and
drainage canals across Asia, Africa, and Latin America, frequently surpassing international
water quality standards [20-22]. Enclosed or semi-enclosed wetlands—such as urban
marshes—often retain higher PAH loads due to restricted hydrological exchange, shal-
low waters, and organic-rich sediments, which enhance pollutant retention, sedimentary
accumulation, and long-term ecological exposure [23,24]. However, in tropical urban
wetlands—where environmental dynamics are intensified by climatic variability and hu-
man pressures—integrated assessments remain scarce, with most existing studies focused
on sediments and biota [25], rather than dissolved LMW-PAHSs in surface waters.

For example, coastal sediments in Trinidad showed higher concentrations during the
wet season [26], while Venezuelan mangrove soils at Tucacas Bay exhibited moderate-to-
high PAH levels, likely enhanced by freshwater inflows [27]. Other subtropical mangrove
wetlands in Brazil reported moderate sediment contamination linked to navigation and do-
mestic effluents, with hydrodynamic conditions shaping spatial distribution [28], whereas
river sediments in Brazilian urban catchments reflected strong vehicular inputs, particularly
naphthalene (NAP) dominance [29]. In Cuba, Santana et al. [30] documented LMW-PAH
dominance in Almendares River surface waters, with polluted sites exceeding acute ecolog-
ical risk thresholds, in contrast to the Gulf of Bataban6 where Tolosa et al. [31] found low
sediment levels dominated by natural organic matter sources. The present study addresses
this gap by providing the first spatial and seasonal assessment of dissolved LMW-PAHs in
surface waters of Puerto Rico’s largest urban wetland.

Spatial and seasonal assessments of LMW-PAHSs such as NAP, phenanthrene (PHEN),
and anthracene (ANT) are still limited in tropical urban wetlands [32,33]. Due to their
phase behavior and environmental mobility, these compounds are readily transported dur-
ing rainfall events, which facilitates their dispersion and often results in higher detection
frequencies in the dissolved phase compared to sediments, where they may occur at lower
concentrations due to their greater solubility and lower particle affinity [34,35]. In tropical
urban environments, high temperatures and intense land-use pressures may amplify their
ecological risks, through seasonal microbial degradation dynamics and transient contami-
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nation pulses [36-39]. However, studies that also quantify the ecological risk associated
with LMW-PAH concentrations in tropical island wetlands remain notably absent.

Cario La Malaria is a tidal-influenced urban waterway within the highly urbanized
Cucharillas Marsh watershed in Catarfio, Puerto Rico, which plays a critical role in connect-
ing upland runoff with the San Juan Bay Estuary [40—42]. It receives runoff from roads,
informal settlements, and industrial zones before discharging into the San Juan Bay Estuary.
Prior studies have reported elevated levels of fecal coliforms, heavy metals, and untreated
sewage [42—-44], but PAHs have never been characterized in its surface waters. Given its
location within a protected natural reserve, Cafio La Malaria offers a relevant case study
for evaluating the spatial and seasonal variability of these compounds in an ecologically
vulnerable wetland system.

Although PAHs are widely recognized as significant aquatic pollutants, field assess-
ments in tropical island environments remain scarce. Particularly in Puerto Rico, existing
research has focused primarily on estuarine sediments and amphibian habitats [45-48],
with no studies addressing the occurrence or seasonal variability of PAHs in waters of
urban channels like Cafio La Malaria, despite previous recommendations [49] and recent
evidence of human exposure [50,51]. This urban waterway represents a critical yet under-
studied conduit of pollutant transfer into a protected tropical urban wetland. Within this
context, this study addresses a critical knowledge gap by evaluating the occurrence, spatial
distribution, seasonal trends, and potential sources of three LMW-PAHs—NAP, PHEN,
and ANT—in Cafio La Malaria. These compounds were prioritized due to their higher
solubility and relevance as indicators of dissolved-phase contamination, while acknowl-
edging that regulatory frameworks such as the USEPA’s 16 priority PAHs also include
HMMW congeners more relevant to sediments and biota [52-54]. In addition, it integrates
an ecological risk assessment (ERA) based on measured surface water concentrations and
toxicity thresholds to estimate potential impacts on aquatic organisms. These findings
support future monitoring and restoration efforts in tropical urban wetlands under similar
anthropogenic pressures. This need is further emphasized by the lack of region-specific
studies and long-term environmental assessments of PAH contamination in Caribbean
urban wetlands, underscoring the urgency of sustained monitoring and management
efforts [55].

2. Materials and Methods
2.1. Study Area and Sampling Design

Cafio La Malaria is a tidal-influenced estuarine channel located in the municipality
of Catano, on the northern coast of Puerto Rico (18.4450° N, 66.1178° W). It functions
as the primary hydrological conduit for surface water flow from the Cucharillas Marsh
watershed into the San Juan Bay Estuary [42]. The channel receives year-round surface
water inputs from upland tributaries such as the Santa Catalina and San Diego streams [56],
which contribute to a continuous outflow into San Juan Bay. Its hydrological regime is
artificially regulated by tide gates and a pump system located at the outlet, which limit
marine—terrestrial exchange, block tidal inflow, and promote freshwater retention under
seasonal rainfall conditions [40,41]. The region follows a bimodal precipitation pattern
characteristic of Puerto Rico and the wider Caribbean, with a dry season (December—
March), early rainfall (April-July), a brief midsummer drought, and late rainfall season
(August-November) [57,58].

Surface water samples were collected at four fixed sampling sites—upstream (U),
midstream (M), downstream (D), and outlet (O)—representing spatial variation from
upstream headwaters to the channel’s outlet. Site selection was based on proximity to
stormwater discharge points, urban infrastructure, and accessibility during both dry and
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wet seasons. A total of four sampling campaigns were conducted in March, September,
and November 2022, and February 2023, corresponding to two dry- and wet-season events.
At each sampling station and campaign, duplicate surface water samples were collected.
Figure 1 illustrates the geographic context of the study area, including watershed bound-
aries, drainage features, and the spatial distribution of surface water sampling sites along
Cano La Malaria.
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Figure 1. Geographic location and spatial context of the study area within the Cucharillas Marsh
watershed, Catafio, Puerto Rico. Panel (A) shows the location of Puerto Rico within the Caribbean
region. Panel (B) highlights the position of the Cucharillas Marsh watershed on the island of Puerto
Rico. Panel (C) presents the watershed boundary (red) and protected wetland area (green) over
satellite imagery. Panel (D) displays the drainage network of Cafio La Malaria (blue), the Cucharillas
Marsh Protected Area boundary (green), and the Cucharillas Marsh watershed boundary (black).
Red dots indicate surface water sampling stations corresponding to U, M, D, and O segments along
the Cafio La Malaria system. Maps prepared using publicly available data from GIS Puerto Rico [59].
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2.2. Materials and Reagents

Surface water samples were collected in pre-assembled amber wide-mouth glass
bottles (LabForce®, Thomas Scientific, Swedesboro, NJ 08085, USA), equipped with PTFE-
lined caps to prevent analyte adsorption and minimize photodegradation of PAHs during
transport and storage. All laboratory glassware used in sample collection, extraction, and
concentration was thoroughly cleaned following a multi-stage protocol. This included
sequential washing with 1% (w/v) Alconox® detergent solution (White Plains, N'Y 10603,
USA), rinsing with distilled water, repeated rinses with deionized water, acid rinsing with
50% nitric acid to remove metal and organic residues, followed by additional deionized
water rinses, and a final rinse with acetone. The glassware was subsequently dried in a
laboratory oven at 100 °C for a minimum of 2 h prior to use. The liquid-liquid extraction
procedure employed certified HPLC-grade dichloromethane (DCM; CAS No. 75-09-2;
GFS Chemicals, Powell, OH 43065, USA). Anhydrous sodium sulfate (CAS No. 7757-82-6;
Thermo Fisher Scientific, Waltham, MA 02452, USA), was used to remove residual water
from the organic extracts. Analytical standards of PAHs, including NAP, PHEN, and ANT,
were obtained as a certified solution at 1000 pg/mL in DCM (Agilent Technologies, Santa
Clara, CA 95051, USA, Method 610-compliant), and were used for calibration and quality
control of gas chromatography-mass spectrometry (GC-MS) quantification procedures.

2.3. Sample Preparation and Extraction

PAHs were extracted from 1-L surface water samples within 48 h of collection to
minimize degradation, using a liquid-liquid extraction adapted from the USEPA standard
method [52]. Each sample was transferred to a 2000 mL separatory funnel and extracted
with three portions of 60 mL of DCM. The combined organic phases were dried with
anhydrous sodium sulfate, added incrementally until no residual water remained, as
indicated by freely moving granules, followed by gravity filtration through Whatman
#1 filter paper. The dried extract was concentrated to dryness using a rotary evaporator
equipped with a water bath maintained at 30-35 °C. The residue was then reconstituted
in 5 mL of DCM and transferred to amber glass vials. Extracts were stored at 4-6 °C in
a laboratory-grade refrigerator and analyzed within 7 days. Each extract was injected in
triplicate into the GC-MS.

2.4. GC-MS Instrumental Analysis

LMW-PAHs were quantified by GC-MS using a Shimadzu GC-2010 Plus-QP2020
system (Shimadzu, Kyoto, Japan). Separation of the target compounds was achieved using
a Restek Rxi-55il MS capillary column (30 m x 0.25 mm i.d., 0.25 pm film thickness; Restek
Corporation, Bellefonte, PA, USA) with high-purity helium (99.999%) as the carrier gas at a
constant linear velocity of 43.7 cm/s. The injection was conducted in splitless mode with
an injector temperature of 300 °C, and an injection volume of 1 uL was delivered using an
AOC-20i autosampler (Shimadzu, Kyoto, Japan). The oven temperature program was set
as follows: initial temperature of 90 °C (held for 2 min), ramped at 5 °C/min to 320 °C,
with a final hold time of 12 min, for a total runtime of 60 min. The MS was operated in
electron ionization (EI) mode at 70 eV, with an ion source temperature of 230 °C and an
interface temperature of 300 °C. The solvent cut time was set at 3.5 min. Data acquisition
was performed in Selected Ion Monitoring (SIM) mode, targeting characteristic m/z values
of 128 (NAP), 178 (PHEN and ANT). Isomeric differentiation between PHEN and ANT
was achieved by comparing retention times to those of certified standards.
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2.5. Data Processing and Statistical Analysis

All GC-MS chromatograms were processed using the Postrun Analysis program of
GC-MS solution software, version 2.6 (Shimadzu Corporation, Kyoto, Japan), to quantify
the peak areas and retention times of the target PAHs. External calibration curves were con-
structed using certified PAH standards (NAP, PHEN, and ANT) at known concentrations in
DCM. The coefficient of determination (R?) for each compound exceeded 0.99. Quantified
concentrations were compared against national and international water quality guidelines
to assess the ecological significance. The Shapiro-Wilk test indicated that ) 3PAHs con-
centrations were not normally distributed (W = 0.76, p < 0.01, n = 16), supporting the use
of non-parametric statistical tests. Accordingly, the Friedman test was applied to assess
spatial and seasonal differences in PAH concentrations, using a significance level of « = 0.05.
All statistical analyses were performed using Microsoft Excel (Microsoft 365; Microsoft
Corporation, Redmond, WA, USA).

2.6. Quality Assurance and Quality Control

External calibration curves for each PAH were prepared daily using at least seven
concentration levels (0.10-100.0 ng/L), achieving high linearity (R? > 0.99). The limit of
detection (LOD) and limit of quantification (LOQ) were determined for each analyte and
batch using the method based on the standard deviation of the intercept divided by the
slope of the calibration curve [60]. LOD and LOQ were calculated using the formulas:
LOD =3.3 x SE/m and LOQ =10 x SE/m, where SE is the standard error of the y-intercept
and m is the slope of the calibration curve. All reported concentrations above LOQ were
considered quantifiable. LOD values ranged from 0.02 to 0.59 ng/L, and LOQ values ranged
from 0.06 to 1.80 ng/L across the four sampling campaigns (see Supplementary Table S2).

Blanks consisting of HPLC-grade DCM were injected into GC-MS throughout each
run to confirm the absence of carryover and instrument background contamination. No
target PAHs were detected in the blanks. Analytical precision was assessed through
duplicate sample acquisition and triplicate injections in the GC-MS. Relative standard
deviation (RSD) and coefficient of variation values were calculated for each sample (see
Supplementary Table S3). Nondetected (ND) values in individual injections were treated
as zero for mean concentration calculations.

2.7. Ecological Risk Assessment

To estimate the potential ecological risk associated with NAP in surface waters of
Carfio La Malaria, we applied the Hazard Quotient (HQ) method [61-64]. The HQ was
calculated as follows:

HQwater = Ecwuter/PNECwater (1)

PNECwater = L(E)CSO /AF (2)

ECuwater represents the maximum concentration of NAP detected in surface water
(ng/L). The predicted no-effect concentration in water (PNEC,yater) was derived from acute
toxicity data for Callinectes sapidus (blue crab), a native estuarine decapod crustacean widely
distributed across Puerto Rico’s coastal wetlands [65]. Based on the 96-h LCs (lethal con-
centration for 50% of test organisms), the lowest observed L(E)Csp was 0.68 mg/L, applying
an assessment factor (AF) of 10, and yielding a PNEC,yater of 0.068 mg/L (68,000 ng/L) [66].
Toxicity data for NAP, were obtained from the ECOTOX database [67].

HQuater values were then calculated for each site and sampling date using the maxi-
mum observed NAP concentrations to reflect worst-case exposure scenarios. Ecological
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risk categories were assigned following the classification criteria proposed by Li et al. [64].
The categories used are summarized in Table 1.

Table 1. Ecological risk classification based on HQyyater values.

HOQwater Range Ecological Risk Category

HQuwater <0.01 Insignificant
0.01 < HQwater < 0.1 Low
0.1 < HQwater < 1.0 Moderate
HQwater Z 1.0 ngh

3. Results
3.1. Spatial and Seasonal Variability in PAH Concentrations

Table 2 presents the concentrations of NAP, PHEN, and ANT across four seasonal
sampling campaigns and four stations along Cafio La Malaria. PAH concentrations exhib-
ited marked variability, with higher levels recorded during the wet season (September and
November 2022) compared to the dry season (March 2022 and February 2023). For instance,
X3PAHs during the dry season ranged from 7.40 ng/L (U, March) to 363.11 ng/L (O,
February), while wet season values spiked up to 929.57 ng/L (M, September) and peaked at
2198.83 ng/L (U, November), driven by extreme ANT concentrations (up to 1313.60 ng/L).
NAP was the most abundant compound, reaching 485.10 ng/L (U, September), although
its dominance shifted to ANT in November. PHEN varied broadly (ND-557.43 ng/L),
with notable peaks at M and U sites. The O consistently registered ~3PAHs between
43.43-712.54 ng /L across all campaigns, underscoring its role as the final receptor before
discharge into San Juan Bay.

Table 2. Mean concentrations (+standard deviation) and concentration ranges of NAP, PHEN, and
ANT measured in surface water from four sites along Cafno La Malaria, Puerto Rico, during four
seasonal sampling campaigns conducted between March 2022 and February 2023.

NAP PHEN ANT T3PAH
Date Site Mean (ng/L) Range Mean (ng/L) Range Mean (ng/L) Range (n: /L)S
+SD +SD + SD 8
18) 6.20 + 0.00 ND-6.20 1.20 4+ 0.00 ND-1.20 ND ND 7.40
March M 30.13 + 28.46 10.00-50.25 8.10 £ 1.91 6.75-9.45 ND ND 38.23
2022 D 30.50 + 26.38 11.85-49.15 1.25 4+ 0.00 ND-1.25 0.50 + 0.00 ND-0.50 32.25
O 34.73 + 32.99 11.40-58.05 8.70 + 0.00 ND-8.70 ND ND 43.43
U 485.10 £ 231.93 321.10-649.10 135.87 + 48.11 85.65-181.55 203.40 4+ 0.00 114.50-292.30 824.37
September M 337.60 + 32.39 308.60-372.55 364.72 + 47.34 321.55-415.35  227.25 + 109.39 149.90-304.60 929.57
2022 D 232.12 +29.02 203.80-261.80 240.47 + 33.11 218.50-278.55 171.95 + 116.67 100.75-306.60 644.54
(@] 281.62 4+ 67.63 230.50-358.30 297.17 + 81.43 224.35-385.10 133.75 + 36.98 108.90-176.25 712.54
U 327.80 + 183.92 197.75-457.85 557.43 + 0.00 554.05-560.80 1313.60 + 0.00  1285.15-1342.05 2198.83
November M 41.48 + 38.36 14.35-68.60 183.30 4+ 167.02 65.20-301.40 301.08 + 383.29 30.05-572.10 525.86
2022 D 34.35 + 0.99 33.65-35.05 5.00 + 0.49 4.65-5.35 27.68 + 3.22 25.40-29.95 67.03
O 6.98 4+ 4.56 3.75-10.20 37.13 +£12.48 28.30-45.95 19.48 + 2.02 18.05-20.90 63.59
18] 223.66 + 185.24 43.00-399.15 183.49 4+ 191.92 5.60-359.70 213.04 + 213.39 2.25-412.20 620.19
February M 43.76 +1.29 41.75-45.75 46.04 +9.44 31.95-54.90 20.57 +17.34 2.45-39.10 110.37
2023 D 26.73 £+ 20.12 <LOQ-52.80 165.11 £+ 61.73 115.35-255.00 86.87 £+ 15.61 72.20-112.95 278.71
O 16.12 £ 11.70 3.60-28.80 228.98 4 24.01 204.50-251.00 118.01 +4.33 112.30-123.50 363.11

Sites: upstream (U); midstream (M); downstream (D), and outlet to San Juan Bay (O). Values in the first column
of each PAH represent mean =+ standard deviation across replicates for each site and date. ND: Not detected;
below limit of detection (LOD). <LOQ-xx: Range of replicates where at least one result was <LOQ and the
maximum replicate yielded the stated value (xx). £3PAHs = sum of NAP, PHEN, and ANT concentrations.
Range = minimum-maximum concentrations measured per site.

Figure 2 presents the seasonal and spatial distribution of 23PAHs concentrations in
surface waters of Cano La Malaria. Panel A illustrates that mean >3PAHs concentrations
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were elevated during the wet season, reaching 777.75 ng/L in September and 713.82 ng/L
in November, in contrast to lower values observed in the dry season—31.44 ng/L in
March and 343.09 ng/L in February. Panel B further underscores this seasonal pattern,
showing that overall mean ~3PAHs concentrations during the wet season (745.79 ng/L)
were more than threefold higher than those recorded during the dry season (186.71 ng/L).
Panel C depicts the spatial variation across the four sampling sites, with site U consistently
exhibiting the highest concentrations, particularly in November 2022, whereas sites D and
O showed persistently lower levels throughout the sampling period.
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Figure 2. Seasonal and spatial variation of total LMW-PAHs (X3PAHs: NAP, PHEN, and ANT) in
surface water samples collected from Cano La Malaria. (A) Mean >~3PAHs concentrations (ng/L) per
sampling campaign. (B) Comparison of overall mean ~3PAHs concentrations by season. Overall
means were calculated as the arithmetic average of all 23PAHs values measured across the four
sampling sites within each season (1 = 8 values per season). (C) Spatial and seasonal distribution of
Y¥.3PAHs across four sampling sites (U, M, D, O) and four campaigns.

A Friedman test confirmed seasonal differences in £3PAHs concentrations across the
four sampling campaigns (x* = 21.00, p = 4.59 x 10~°), supporting the trend of elevated
PAH levels during the wet season. In contrast, no significant differences were found among
the sampling sites (x? = 1.20, p = 0.753), suggesting a homogeneous spatial distribution of
PAHs across Cafio La Malaria, despite marked seasonal variability.

3.2. PAH Sources and Compositional Patterns
3.2.1. Compositional Patterns

Figure 3 illustrates the relative percentage composition of the three LMW-PAHSs across
all sampling sites and dates. During the first sampling campaign (March 2022), NAP domi-
nated the ) 3PAHs composition at all sites, representing 80-100% of the total concentration.
PHEN contributed at sites M and O (16-20%), while ANT was either absent or accounted
for less than 10%. By September 2022, the compositional profile became more balanced,
especially at sites U and M, where NAP accounted for approximately 59% and 36%. PHEN
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and ANT showed increased contributions at these sites during the wet season (e.g., PHEN:
16-39%; ANT: 25-24%).
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Figure 3. Percentage composition of individual LMW-PAHs—NAP, PHEN, and ANT—in surface
water samples collected from Cafio La Malaria. Data is shown for four sites: U, M, D, O, across
four sampling campaigns. Each bar represents the relative contribution (%) of each PAH to the total
>3PAHSs concentration.

In November 2022, ANT became the dominant compound at all sites, notably at U and
M, where it represented approximately 60% and 57% of } 3PAHs. PHEN also remained
elevated (25-58%), while NAP accounted for less than ~20% of the total. In February 2023,
PHEN was the most abundant PAH at sites D and O, contributing approximately 59% and
63% of ) 3PAHs, followed by ANT with 31% and 32%. NAP contributions were highly
variable: low in November and February (6-15%), but much higher in March (70-98%)
and September (28-59%). Across all campaigns, NAP represented between 4% and 98% of
2.3PAHs, dominating during the March 2022 campaign. PHEN and ANT showed greater
seasonal and spatial variability, with ANT being notably higher during the peak wet season
and PHEN becoming more dominant at downstream sites in the final sampling campaign.

3.2.2. Sources by Diagnostic Ratios

PAH source apportionment was evaluated using two diagnostic ratios: ANT/
(ANT + PHEN) and PHEN/ANT. The former distinguishes petrogenic sources (<0.10)
from pyrogenic ones (>0.10), while the latter indicates pyrogenic inputs when values
are below 10. As illustrated in Figure 4, all ANT/(ANT + PHEN) values exceeded the
0.10 threshold, indicating a consistent pyrogenic signature across Cafio La Malaria’s sur-
face waters. While PHEN/ANT ratios were also below 10, with most values under 2.50.
Elevated values in both ratios aligned with periods of higher >:3PAHs concentrations. In
March 2022, anthracene was not detected at sites U and O (Table 2), which prevented the
calculation of diagnostic ratios requiring both PHEN and ANT. For this reason, ratios are
only interpreted for sites and campaigns where both compounds were quantifiable.

3.2.3. Sources by Principal Component Analysis

Principal Component Analysis (PCA) is a widely applied multivariate approach in
PAH source apportionment, as it reduces complex datasets into a few principal components
that explain most of the variance and reflect groups of correlated compounds [68]. The
biplot of PC 1 and PC 2 (Figure 5), which together accounted for 96.7% of the total variance
(84.8% and 11.9%, respectively), revealed a separation between samples collected during
the dry and wet seasons. Dry-season samples clustered tightly in the lower-left quadrant,
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reflecting uniform PAH compositions and lower mean concentrations. In contrast, samples
from the wet season exhibited greater dispersion and were oriented along the NAP and
ANT vector directions. Component loadings (Table S9) indicate that ANT had the strongest
influence on PC1 (loading = 0.87794), followed by PHEN and NAP. Meanwhile, PC2 was
primarily influenced by NAP (loading = 0.89129).
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Figure 4. Diagnostic ratios of PAHs used for emission source attribution in surface water samples
from Cafio La Malaria, collected at four sites—U, M, D, O—during the seasonal campaigns (March,
September, November 2022, and February 2023). Bars represent the value generated by the diagnostic
ratios used: ANT/(ANT + PHEN) (black) and PHEN/ANT (green). The red line indicates the
threshold value of 0.10 for ANT/(ANT + PHEN), above which pyrogenic sources are inferred.
PHEN/ANT values below 10 also suggest a pyrogenic origin.
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Figure 5. PCA biplot of surface water samples from Cafo La Malaria based on concentrations of
three LMW-PAHs: NAP, PHEN, and ANT. The plot displays the distribution of 16 samples grouped
by season (Dry vs. Wet) along the first two principal components (PC 1 and PC 2), which explain
84.8% and 11.9% of the total variance, respectively. Vectors represent the directional contribution of
each PAH to the multivariate pattern. Samples from the wet season exhibit greater variability and are
more strongly associated with NAP and ANT concentrations.
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3.3. Correlation Patterns

Pearson correlation analysis between sampling sites supported the spatial and seasonal
patterns observed. A positive correlation was found between sites U and M (r = 0.964),
while moderate associations between U-O and M-O suggest similar contamination sources
or hydrological connectivity among most sites. In contrast, weak or negative correlations
with D indicate local variability, driven by distinct inputs or site-specific environmental
processes (Supplementary Table S7). Inter-species correlation analysis also revealed strong
relationships between individual PAHs. In particular, PHEN and ANT were strongly
correlated (r = 0.824), while NAP showed moderate correlation with both compounds
(Supplementary Table S8).

3.4. Results of Ecological Risk Assessment

HQwater values were calculated for each site and sampling event using the maximum
observed NAP concentrations. Table 3 summarizes the HQyater values calculated for each
site—season combination. All HQyater values were below 0.01 (Table 1), ranging from
9.12 x 107° t0 9.55 x 103, indicating insignificant ecological risk across the study area and
seasonal sampling campaigns (Table 3). The highest HQyater value (9.55 x 10~3), was ob-
served at the upstream site during the September 2022 sampling campaign—corresponding
to the wet season and the peak NAP concentrations. Although, this value approached the
upper limit of the “insignificant” ecological risk category, it did not cross into the “low
ecological risk” range.

Table 3. Hazard Quotient Summary by Site and Sampling Date. PNEC value: 68,000 ng/L, based on
acute toxicity data for Callinectes sapidus [67].

Date Site M?;:.g/T;AP Pzr?g"‘/';j)er Ecological Risk Classification

U 6.20 9.12 x 1072 Insignificant

M 50.25 7.39 x 1074 Insignificant

March 2022 D 49.15 7.23 x 1074 Insignificant
) 58.05 8.54 x 104 Insignificant

U 649.10 9.55 x 1073 Insignificant

M 372.55 548 x 1073 Insignificant

September 2022 D 261.80 3.85 x 1073 Insignificant
o 358.30 5.27 x 1073 Insignificant

U 457.85 6.73 x 1073 Insignificant

M 68.60 1.01 x 1073 Insignificant

November 2022 D 35.05 5.15 x 104 Insignificant
) 10.20 1.50 x 104 Insignificant

U 399.15 5.87 x 1073 Insignificant

M 45.75 6.73 x 1074 Insignificant

February 2023 D 52.80 7.76 x 1074 Insignificant
o 28.80 424 x 1074 Insignificant

Spatial patterns showed that HQyater values were higher at upstream locations (U and
M), particularly during wet seasons. In contrast, downstream sites (D and O), consistently
exhibited lower HQyater values. Seasonally, wet season events (September and November)
show elevated HQyater relative to dry season campaigns (March and February). However,
none of the HQyater values exceeded the threshold for “low risk”.
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4. Discussion
4.1. Influence of Seasonal Hydrology on PAH Dynamics

The pronounced seasonal variation in 23PAHSs concentrations observed in Cafio La
Malaria (mean = 745.79 ng/L during the wet season vs. 186.71 ng/L in the dry season)
underscores the dominant role of rainfall-driven hydrological pulses in mobilizing PAHs
within tropical urban wetlands. This enrichment during the wet period is consistent with
findings from other tropical and subtropical freshwater systems [16,69,70], where elevated
PAH concentrations were linked to runoff-driven inputs during rainy seasons. Across these
systems, LMW-PAHs—particularly NAP, PHEN, and ANT—were consistently dominant,
reflecting the compositional pattern found in our study.

Contrasting seasonal trends have been reported. For example, Na et al. [71] and Jiang
et al. [72] observed higher PAH concentrations during the dry season in the East Liao
River and coal-mining-impacted groundwater systems, attributing the lower wet-season
levels to dilution and hydrodynamic flushing. Similar dry-season peaks were reported
in the Olt River [73] and the Han River [74], suggesting that regional climate regimes,
flow variability, and land-use characteristics can lead to divergent seasonal behaviors.
These patterns suggest that regional climate, hydrology, and land use drive seasonal PAH
dynamics, with the extensive impervious cover and limited riparian vegetation in Cafio La
Malaria amplifying runoff-driven transport of LMW-PAHs during intense tropical rainfall.

The predominance of LMW-PAHs—especially NAP—during the wet season in Cafio
La Malaria reflects a trend reported in other tropical aquatic systems, including the Sub-
arnarekha Estuary [75], Gaoqgiao wetland sediments [76], and the Sombreiro River Es-
tuary [77]. Elevated temperatures during warmer months may further enhance the dis-
solution and water-phase partitioning of lighter PAHs [78], contributing to the seasonal
increase in aqueous concentrations observed in our study. Dominance of LMW-PAHSs
has also been reported in highly industrialized watersheds, such as the Kolo Creek [79]
and the Kuye River [80], reinforcing their utility as indicators of recent pyrogenic input
and their susceptibility to hydrological mobilization. In Cafio La Malaria, X3PAHs con-
centrations reached up to 2198.8 ng/L—exceeding values reported in many comparable
tropical freshwater systems—highlighting the effects of sustained anthropogenic pressure,
deficient stormwater infrastructure, and direct runoff inputs in this densely urbanized
wetland catchment.

Compared to other global wetland systems, PAH levels in Cafio La Malaria are el-
evated. In the Anzali Wetland, Iran, total PAH concentrations (X16PAHSs) in surface
waters ranged from 5.14 to 253.37 ng/L, with a mean of 78.31 ng/L, dominated by LMW
congeners [81], values that overlap with our measured ¥X3PAHs despite the narrower
compound scope of this study. In the Hoor Al-Azim Wetland, X11PAHs ranged from
15.3 to 160.15 ng/L [82], while in the Shadegan Wetland, X16PAHs ranged from 42 to
136 ng/L with a mean of 78 ng/L, indicating low to slightly polluted conditions [83]. All of
these reported values remain well below our recorded peak concentration of 2198.8 ng/L
for 23PAHs in Cafio La Malaria. These comparisons reveal significant human impact in
Cucharillas Marsh and support the need for pollution control strategies.

In summary, seasonal hydrology plays a pivotal role in shaping PAH dynamics in
Cafio La Malaria, primarily by facilitating the mobilization and aqueous partitioning
of LMW-PAHSs during periods of intense rainfall. These findings not only corroborate
patterns of rainfall-driven PAH mobilization observed in other tropical systems [32,84],
but also contribute novel data from a Caribbean urban wetland. While variability across
studies reflects differences in regional hydrology, emission profiles, and land use, the strong
influence of wet-season runoff on the transport of pyrogenic and petrogenic PAHs emerges
as a consistent feature of tropical and subtropical aquatic systems. It should be noted that
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these reported values correspond to X11-16PAHs, whereas our findings are limited to
three LMW compounds (NAP, PHEN, ANT); thus, the comparison is illustrative of relative
seasonal dynamics rather than magnitude-equivalent.

4.2. Spatial Distribution and Attenuation of PAHs

Although the Friedman test revealed no statistically significant differences in 23PAHs
concentrations across the four sampling sites (p = 0.753). Elevated concentrations at U
and M sites—particularly during high-rainfall events—suggest local inputs from adjacent
roadways and potential illicit discharges, in addition to diffuse runoff [38,85]. In contrast, D
and O sites consistently showed lower concentrations, likely due to hydrological dilution,
sorption to suspended particulates, and gradual deposition along the canal’s flow path [86].

This U-to-D gradient aligns with patterns observed in other urban aquatic systems.
For example, elevated PAHs have been reported in the Imiringi River due to vehicular emis-
sions and localized combustion [87], and along the Nile River downstream of wastewater
and industrial discharge zones [68]. Similar upstream enrichment has also been observed
in the Lipu River [88], the Damodar River Basin [89], and the Guanzhong River in the Dan-
jlangkou Reservoir, where fossil fuel combustion dominates [64]. These spatial trends are
further corroborated by findings in Ho Chi Minh City and the East Liao River, where PAH
concentrations were higher in densely urbanized, high-traffic areas [70,71]. A consistent
pattern emerges in which upstream and highly urbanized segments function as hotspots
of PAH contamination, whereas downstream reaches reflect the combined influences of
hydrological dilution, sedimentation, and pollutant attenuation, particularly within aquatic
coastal environments.

Beyond hydrological controls, land-use patterns exert influence on the spatial dis-
tribution of PAHs in Cafio La Malaria. As demonstrated in the Sombreiro Estuary and
Kuye River, where extreme PAH concentrations were detected near oil activity [77,80].
Although ¥~3PAHs in Cafio La Malaria were lower than in oil-impacted rivers, the system
still exhibited spatial heterogeneity linked to anthropogenic pressure. This pattern parallels
observations in Baiyangdian Lake, where coal and biomass combustion contributed to
PAH variability modulated by both source proximity and hydrological retention [90]. Com-
parable trends in Dong and Tangxun Lakes, Wang Lake Wetland, and Brazilian estuarine
systems further support that spatial PAH heterogeneity in urbanized tropical wetlands is
shaped by a combination of land use and flow dynamics [91-93]. These studies indicate that
the spatial heterogeneity observed in Cafio La Malaria reflects broader patterns in which
land-use intensity and hydrological processes modulate PAH distributions in urbanized
wetland systems.

In summary, the spatial distribution of 23PAHs in Cafio La Malaria reflects localized
contamination at U and M sites, driven by road runoff, stormwater discharges, and surround-
ing land use. Although concentrations gradually decline toward D and O sites—suggesting
attenuation through hydrological dilution, sedimentation, or sorption—elevated upstream
levels, particularly during the wet season, highlight the persistent influence of urban inputs
near the canal headwaters. These findings may inform the prioritization of upstream pollution
controls and stormwater management strategies in similarly urbanized wetland systems.

4.3. Source Apportionment of PAHs

Compositional profiles of PAHs in Cafio La Malaria revealed distinct seasonal trends.
NAP was the most abundant compound during the dry season, while PHEN and ANT
increased notably during the wet season. This is consistent with our observations, where
NAP contributed up to 98% of X3PAHs in March 2022, while PHEN and ANT together ac-
counted for more than 70% at several sites in September and November. These shifts reflect
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changes in transport mechanisms: volatilization and solubility-driven movement dominate
in dry periods [94], whereas particle-bound inputs and surface runoff prevail during rainfall
events [16]. Diagnostic ratios [ANT/(ANT + PHEN) > 0.10; PHEN/ANT < 10] consistently
pointed to pyrogenic sources, implicating vehicular emissions and biomass combustion [95].
The correlation between PHEN and ANT (r = 0.824) reinforces this common origin and
behavior under combustion-influenced regimes. In late-season samples (February 2023),
PHEN overtook ANT as the predominant PAH at downstream sites, indicating shifting
dominance even within the wet-to-dry seasonal transition. Seasonal compositional shifts
observed in Cafio La Malaria suggest the combined influence of transport mechanisms and
combustion-derived sources.

PCA was applied to differentiate seasonal variability in PAH profiles and support
source apportionment. PC1 was primarily influenced by ANT, followed by PHEN and
NAP, together explaining 96.7% of the total variance. ANT and PHEN are associated with
pyrogenic emissions from industrial and residential combustion processes [96], while NAP
is often considered a general marker of petrogenic inputs such as oil spills and petroleum
leaks [81,97]. Comparable PCA-based approaches in other riverine systems have similarly
identified combustion-derived PAHs as major drivers, with additional contributions from
petroleum-related inputs depending on local activities and hydrological settings [38,87].
In Cafio La Malaria, the loadings of ANT and NAP suggest pyrogenic and petrogenic
influences, in which the combined impact of combustion and petroleum sources influence
PAH composition.

NAP dominated PC2 in our analysis, a pattern consistent with studies that linked
strong NAP loadings to petroleum-derived inputs such as oil leaks and refined fuel
residues [76,81]. Grmasha et al. [68] further emphasized that NAP is a major constituent
of diesel fuels and gasoline, produced through incomplete combustion [98], and in their
reported PCA, NAP appeared as a dominant component of PC1. The presence of NAP in
PC2 indicates petroleum-derived sources, while the contributions of ANT and PHEN in
PC1 reflect combustion markers, together accounting for the observed seasonal variations
in PAHs. Overall, these findings demonstrate that PCA not only separates dry and wet
season profiles but also highlights the dual influence of combustion and petroleum-related
sources in shaping PAH dynamics in Cafio La Malaria.

These diagnostic ratios, compositional profiles, and PCA-derived source attributions
are consistent with broader reports from tropical and subtropical aquatic systems. In
the Damodar River Basin and the East Liao River, 3- and 4-ring PAHs—including PHEN,
fluoranthene, and pyrene—were associated with coal combustion and urban activity [71,89].
Similarly, PHEN and NAP were dominant in the Nile River and Ho Chi Minh City, reflecting
urban runoff and motor vehicle emissions [70,99]. NAP was the most abundant PAH
in the Danjiangkou Reservoir and the Taige Canal, attributed to petroleum combustion
and diesel emissions, closely to the profiles observed in Cafio La Malaria [64,100]. The
compositional similarities between Cafio La Malaria and other urban aquatic systems reveal
that combustion-derived inputs are the dominant and persistent drivers of PAH behavior
in this wetland.

Urban infrastructure facilitates the mobilization of combustion-derived PAHs, particu-
larly in densely populated tropical catchments. Roads and stormwater systems promote
the transfer of particle-bound compounds into aquatic systems, a dynamic also observed
near PR-5 and PR-165 sampling sites in our study area [101]. This process is further
amplified during the wet season, when increased runoff remobilizes PAHs previously
adsorbed to soils and sediments [102]. Similar seasonal enrichment of LMW-PAHs—
especially NAP—in urban watersheds suggest the influence of rainfall-driven inputs on
PAH dynamics [103,104]. These patterns align with our findings in Cafio La Malaria,
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where combustion-derived LMW-PAHs consistently dominated across both dry and wet
seasons. The persistence of pyrogenic markers throughout the study period indicates
chronic anthropogenic pressure from vehicular traffic, industrial activity, and stormwater
discharge [38]. Altogether, the compositional and multivariate patterns observed in Carfio
La Malaria underscore the predominance of combustion-derived PAHs, with episodic
petroleum inputs amplified by rainfall and stormwater infrastructure. These dynamics
highlight the vulnerability of this tropical urban wetland to chronic anthropogenic pressure
and establish the importance of source-specific management strategies.

4.4. Risk Implications and Management Recommendations

The concentrations of PAHs measured in Cafio La Malaria frequently exceed estab-
lished national and international environmental guidelines. The maximum concentra-
tions for NAP (0.649 pg/L) remained below its benchmark of 1.1 pug/L, while PHEN
(0.557 ug/L) and ANT (1.314 ug/L) notably exceeded their respective freshwater screening
benchmarks (0.4 and 0.012 png/L) [105]. Although widely used classification frameworks
define ) PAH contamination levels as slight (0-100 ng/L), mild (100-1000 ng/L), moderate
(1000-5000 ng /L), and severe (>5000 ng/L) [106,107], these thresholds are based on the full
suite of 16 priority PAHs and therefore cannot be directly applied to our dataset of three
LMW PAHs. Nevertheless, the maximum concentrations observed here (up to 2198.8 ng/L)
fall within the numerical range that in other systems corresponds to mild-to-moderate
contamination, suggesting that our partial dataset may still reflect ecologically relevant
pollution levels. When compared to chronic freshwater quality criteria, PHEN concentra-
tions exceeded the 0.3 ug/L benchmark, reaching up to 0.561 ng/L, while NAP and ANT
remained below their respective thresholds of 1 pg/L and 4 pg/L [108]. According to EU
guidelines for inland surface waters, NAP concentrations did not exceed the threshold
of 2000 ng/L, whereas ANT surpassed the 100 ng/L limit, particularly during the wet
season [109,110]. Several wet season samples also exhibited ANT concentrations well
above the 120 ng/L threshold set for marine organisms, with maximum values reaching
1342.05 ng/L [111]. These elevated concentrations indicate potential ecological risk under
multiple regulatory frameworks, primarily reflecting chronic or sublethal protection thresh-
olds established by international guidelines, and therefore do not necessarily imply acute
toxicity under present conditions.

Beyond regulatory benchmarks, the ecological significance of the observed concen-
trations is further supported by thresholds derived from the target lipid model [112] and
guidelines for human health protection [113]. X16PAHs concentrations in the Euphrates
River ranged from 464 to 992 ng/L, with higher levels downstream of urban areas [68].
In Dong and Tangxun Lakes (China), Yao et al. [93] reported £216PAHs ranging from 42.9
to 434.7 ng/L. X3PAHs in Cafio La Malaria exceeded 2000 ng/L, even though only three
compounds were analyzed, compared to the full set of USEPA priority 216PAHs in other
studies [68]. However, it should be noted that while the cited studies reported 216PAHs,
our findings are based on three LMW compounds. Thus, the comparison is not magnitude-
equivalent but rather illustrative of relative enrichment in dissolved-phase PAHs in tropical
urban wetlands. Also, surface water concentrations often exceeded 1000 ng/L, likely due
to the canal proximity to urban areas upstream [114,115], shallow depth [116], organic-rich
sediments [117], and hydrological connectivity [118] to the San Juan Bay Estuary. Together,
these comparisons reinforce that current environmental benchmarks may underestimate
site-specific risks in tropical urban wetlands and highlight the need for more comprehensive
water quality standards for PAHs.

Effective mitigation of PAH pollution in Cafio La Malaria requires a watershed-scale
management approach that integrates urban planning, regulatory oversight, and ecosystem-
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based solutions. In highly urbanized watersheds, persistent PAH contamination has been
linked to vehicular emissions and stormwater runoff, which are also prominent sources
in the Cucharillas Marsh area [70]. Nevertheless, despite improvements in water quality,
legacy pollutants and diffuse PAH sources remain challenging to control without long-term
strategies [88]. Among recommended strategies, nature-based solutions offer promising
low-cost and sustainable alternatives [119]. Constructed wetlands have proven effective in
attenuating PAHs through plant uptake, microbial degradation, and sedimentation [19].
Complementary stormwater management strategies, such as bio-swales [120] and infil-
tration basins [121], can further reduce runoff-borne PAHs before they enter the aquatic
system. When implemented as small ponds or detention features along tributaries or
upstream stormwater channels draining into Cafio La Malaria, these interventions could
intercept runoff during high-intensity rainfall events and significantly mitigate PAH inputs
to the canal.

Findings from Cafio La Malaria reveal that partial compliance with existing bench-
marks does not guarantee ecological safety, because the observed concentrations reveal
potential ecological risks that existing benchmarks may underestimate. While our study
was limited to three parent LMW-PAHSs, we note that traditional PAH assessments fo-
cusing solely on parent compounds may underestimate total toxicity in aquatic systems
by excluding substituted derivatives, such as nitrated and oxygenated PAHs, which the
literature shows can occur at higher concentrations and exhibit greater toxicity than their
parent analogues [96]. Thus, expanding the analytical scope to include these compounds in
future studies—together with applying updated classification systems for PAH contam-
ination [107,122]—would provide a more comprehensive assessment of ecological risk.
In parallel with improved monitoring, management interventions should not be limited
to isolated hotspots [123,124]. Instead, efforts should also prioritize upstream pollution
controls [125], the restoration of riparian buffers [126], and enhancements to stormwater
infrastructure [127]. Ensuring long-term resilience in Cucharillas Marsh will require inte-
grated monitoring and watershed-scale actions—rather than hotspot-only interventions—to
mitigate chronic PAH pollution and protect ecological and hydrological functions.

4.5. Ecological Effects

The ecological risk associated with NAP in Cafio La Malaria was found to be negli-
gible across all sampling sites and seasons, with HQyater values ranging from 9.1 x 10—
to 9.5 x 1073, These values fall below the 0.01 threshold for “insignificant risk” sug-
gesting negligible acute ecological threat under current environmental conditions. Even
the highest HQyyater—recorded at the upstream site during the wet season (September
2022)—remained within the insignificant risk range. These findings are consistent with
assessments conducted in subtropical systems, where PAH-related risks increased during
wet-season runoff events due to pollutant mobilization and elevated concentrations [64].
Similarly, in coastal environments like tidal creeks, hydrological pulses during wet periods
facilitated contaminant transport and led to higher ecological risk values [62].

Although HQyater values in Cafio La Malaria were consistently low, a clear spatial
gradient was observed, with higher values upstream than downstream. This pattern
aligns with findings from other river systems, where elevated upstream ecological risks
are attributed to limited dilution capacity and closer proximity to pollutant sources [71].
Similarly, PAH-related risks in urbanized tidal creeks influenced by industrial and domestic
discharges underscore the role of human activities in amplifying contaminant exposure [62].
Upstream sectors of urban wetlands serve as key vulnerability hotspots, where targeted
ecological monitoring and management efforts are needed [128]. The elevated HQyater
values observed at the upstream site correspond to the most urbanized section of the water-
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shed, located in the upper reach of Cafio La Malaria, where dense residential development
and major roadway infrastructure are present.

In the context of each study’s ERA framework, findings across wetlands and estuarine
systems under strong urban and industrial influence indicate a consistent pattern. In
Shadegan Wetland (Iran), the risk of PAHs in water was classified as moderate for several
compounds, with benzo[a]anthracene (BaA) reaching high risk levels at most sites, while
overall sediment risk was lower [83]. Similarly, in the Hoor Al-Azim wetland (Iran), the
authors reported high risk for BaA in water but generally low to moderate risk for most
other PAHs, while sediments indicated low biological risk [82]. In Anzali Wetland (Iran),
sediments overall showed no harmful biological effects, although site-specific exceedances
occurred for fluorene and pyrene, and several compounds, including NAP and ANT,
were frequently above negligible-effect thresholds [81]. Consistent with our finding of
insignificant acute risk for dissolved NAP, Edku Wetland (Egypt) showed no observed
ecological hazard during spring [129]. By contrast, in estuarine systems, several PAHs,
including PHEN, pyrene, and fluorene, frequently exceeded ecological risk thresholds, with
clear seasonal variability [130]. More recently, studies demonstrated that, even when PAH
water risk was negligible [129], sediment-bound PAHs can pose major ecological hazards in
areas with dense urban infrastructure [131]. These comparisons indicate that while Cafio La
Malaria is not pristine, its present surface-water PAH levels imply insignificant ecological
risk (HQwater < 0.01) relative to those reported for other impacted wetlands; nonetheless,
future risk assessments should integrate sediments and biota for a complete evaluation.

The ecological implications are particularly relevant when considering vulnerable
benthic species such as the Callinectes sapidus, which serves as a key ecological indicator
in Puerto Rico’s coastal wetlands. The negligible HQuater values obtained in this study,
calculated using toxicity thresholds derived from Callinectes sapidus, studies confirm a
low acute ecological risk under current PAH concentrations [64]. However, evidence in-
dicates that this species bioaccumulates PAHs in its tissues under long-term exposure
conditions—particularly during wet seasons—with PHEN and ANT showing persistence
that suggests slow metabolic degradation [132]. Other studies found no physiological or
molecular effects after short-term exposure to PAH-contaminated sediments, highlighting
the importance of exposure duration and compartment in ecological risk assessment [133].
Although Callinectes sapidus does not biomagnify PAHs across trophic levels, it is known to
bioaccumulate these compounds from sediments, porewater, and diet in estuarine envi-
ronments, showing its role in shaping PAH bioavailability within aquatic food webs [134].
Additionally, comparative assessments in rivers have shown that crustaceans and mollusks
often exhibit higher ecological risk than fish, reinforcing their importance in monitoring
frameworks [135]. These findings reaffirm the utility of Callinectes sapidus as a sentinel
species and highlight the need to consider long-term exposure, seasonal variability, and
sediment-phase contamination in future assessments.

Despite the insights gained from this study, several limitations must be acknowl-
edged to contextualize the ERA more accurately. The risk assessment was restricted to
dissolved NAP and focused solely on acute toxicity endpoints. It did not account for
sediment-associated PAHs, high molecular weight congeners, or sublethal and chronic
toxic effects—factors which have been shown to elevate ecological risk in similar wet-
land systems [91,136]. However, LMW-PAHSs can induce oxidative stress and endocrine
disruption even at concentrations below acute toxicity benchmarks, particularly under
chronic exposure scenarios [137,138]. Similarly, in estuarine studies, PAHs such as fluoran-
thene, pyrene, and BaA were major contributors to total ecological risk, particularly when
sediment-phase concentrations were considered [130]. These limitations underscore the
need for integrative ERA approaches in Cafio La Malaria. Exceedances of guideline values

205



Toxics 2025, 13, 860

for PHEN and ANT suggest potential chronic concerns, while acute HQyater results for
NAP indicate insignificant risk—complementary rather than contradictory frameworks.

5. Conclusions

This study presents the first spatial-seasonal assessment of three LMW-PAHs (NAP,
PHEN, and ANT) in surface waters of Cafio La Malaria, the main hydrological conduit of
the Cucharillas Marsh urban wetland (Catafio, Puerto Rico). Seasonal variability reflected
rainfall-driven runoff and upstream urban inputs, while downstream attenuation was con-
sistent with dilution and sediment—sorption processes. Compositional shifts were evident
across campaigns: NAP dominated in March 2022, ANT prevailed during the peak wet sea-
son, and PHEN became most abundant at several downstream sites. Source apportionment
analyses indicated a predominance of pyrogenic inputs—principally vehicular emissions
and biomass combustion—with wet-season samples more strongly associated with NAP
and ANT, with episodic contributions from petroleum-related sources. Correlation pat-
terns revealed strong upstream connectivity but local variability at site D, while the strong
association between PHEN and ANT suggests a common combustion-derived origin.

Ecological risk characterization showed negligible acute risk from NAP. However,
PHEN and ANT frequently exceeded international benchmarks, underscoring the potential
for chronic or sublethal effects not captured by the ERA, which was restricted to acute
endpoints for NAP. Peak wet-season concentrations reached levels comparable to moderate
pollution categories. NAP and PHEN regularly exceeded freshwater guideline values,
while ANT occasionally neared guideline values for marine organisms. These suggest that
current benchmark values may underestimate site-specific risks in Cafio La Malaria. This
highlights the need for comprehensive frameworks that integrate sediments, biota, and
substituted PAHs to more accurately capture long-term ecological hazards.

From a management perspective, the results emphasize the necessity of integrated,
watershed-scale interventions, including upstream pollution control, restoration of riparian
buffers, and improvements to stormwater infrastructure, complemented by nature-based
solutions. Future monitoring should include sediments and biota, the full suite of 16
USEPA priority PAHs and their derivatives, and chronic toxicity endpoints. Given that this
study was limited to surface waters and three parent LMW-PAHs, a logical next step is to
incorporate additional PAHs and seasonal sediment sampling. Collectively, these insights
provide a transferable framework to strengthen the assessment and management of PAH
pollution in tropical urban wetlands.
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Abbreviations

The following abbreviations are used in this manuscript:

PAHs polycyclic aromatic hydrocarbons
LMW-PAHs low molecular weight polycyclic aromatic hydrocarbons
HMW-PAHSs high molecular weight polycyclic aromatic hydrocarbons

NAP naphthalene
PHEN phenanthrene
ANT anthracene
BaA benzo[a]anthracene
23PAHs sum of three low molecular weight PAHs (naphthalene, phenanthrene, anthracene)
DCM dichloromethane
PCA Principal Component Analysis
USEPA United States Environmental Protection Agency
GC-MS Gas Chromatography—Mass Spectrometry
ng/L Nanograms per Liter
U upstream
M midstream
D downstream
O outlet
RSD relative Standard Deviation
EU European Union
ND nondetected
ERA ecological risk assessment
HQ hazard quotient
ECwater environmental concentration in water
PNECwater predicted no-effect concentration in water
L(E)Cso lethal (or effect) concentration for 50% of organisms
AF assessment factor
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Abstract: Shale gas extraction releases significant quantities of organic iodides of “unknown
origin”, which generally pose high ecological and health risks, yet their toxic mechanisms
remain unclear. In this study, the human hepatocellular carcinoma (HepG2) cell line was
employed as an in vitro cell model to assess the cytotoxic effects of three typical organic
iodides (1,2-diiodoethane, 1,3-diiodopropane, and 1,4-diiodobutane) identified in shale
gas extraction wastewater from Chongqing, China. The results demonstrated that all
three diiodoalkanes exhibited significant toxic effects on HepG2 cells at a concentration
of 25 uM, and this effect demonstrated a dose-dependent pattern. As the concentration
of diiodoalkanes increased, the viability of HepG2 cells decreased significantly, while cell
mortality increased markedly. The transcriptomic analysis indicated that exposure to these
three diiodoalkanes induced abnormal expression of genes associated with the extracellular
space, extracellular matrix (ECM), and endoplasmic reticulum (ER) in HepG2 cells, which
was presumed to be linked to the disruption of the intracellular redox-antioxidant system
homeostasis by the diiodoalkanes. Furthermore, assays of intracellular reactive oxygen
species (ROS) and antioxidant enzyme/molecule levels suggested that diiodoalkane ex-
posure triggered excessive intracellular ROS production, induced oxidative stress, and
ultimately resulted in cell death.

Keywords: shale gas; diiodoalkanes; HepG2 cells; oxidative stress; transcriptomic analysis

1. Introduction

Iodine, as a ubiquitous trace element, has consistently been a research hotspot due
to its significance in both biological and geochemical fields [1,2]. The forms of iodine in
the environment are diverse. Currently, most research primarily focuses on inorganic
iodine, mainly iodide ions (I") and iodate ions (I03 ™), with relatively limited attention
paid to iodine-containing disinfection byproducts (I-DBPs) generated during drinking
water disinfection [3-5]. However, research on other organic iodides in water remains
relatively scarce.

The distribution of iodine in the natural environment exhibits significant heterogeneity:
apart from marine systems (where seawater contains relatively high iodine concentrations),
iodine is also closely associated with natural gas extraction, with shale gas extraction as
a typical example [6]. This association leads to sustained elevated iodine levels in the
surroundings of shale gas extraction sites. In recent years, halogenated organic compounds
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(HOCs) have been frequently detected in shale gas wastewater [7-10]. Notably, several stud-
ies have identified organic iodides as the dominant class of detected HOCs. For instance,
Luek et al. reported that in flowback wastewater from the Marcellus Shale, organic com-
pounds containing iodine, bromine, chlorine, and mixed halogens (two distinct halogens)
accounted for 52%, 20%, 9%, and 19% of total HOCs, respectively [10]. Furthermore, the
concentration of organic iodides showed a gradual increase during wastewater discharge
and remained relatively high even 10 months after gas well production began [8]. In our
previous study, 21 HOCs were identified from the discharged wastewater of the shale gas
wastewater treatment plant in Chonggqing, China [11]. The composition included 5 chlori-
nated, 10 iodinated, 3 brominated, and 3 mixed-halogen (bromo/chloro or iodo/chloro)
organic compounds. Consistent with prior findings, iodinated organic compounds con-
stituted the most abundant HOC class detected. Quantitative analysis further revealed
that diiodoalkanes (including 1,2-diiodoethane, 1,3-diiodopropane, and 1,4-diiodobutane)
were present at relatively high concentrations. Among these, 1,2-diiodoethane reached
a maximum concentration of 72.6 ug/L (0.26 uM) in surface water [12]. The formation
mechanism of organic iodides in shale gas extraction may resemble that of DBPs in drinking
water: during hydraulic fracturing or wastewater treatment, dissolved inorganic iodine is
oxidized by strong oxidants to generate reactive halogen species (e.g., molecular halogens
and halogen-free radicals). These reactive species then react with natural organic matter
(NOM) in geological formations to form “unknown-origin” organic iodides [9,11].

HOCs are typically persistent organic pollutants, characterized by chemical stability
and low biodegradability, which pose severe threats to the ecological environment and
human health. Consequently, HOCs remain a core focus in environmental science. As
transformation products of inorganic iodine, organic iodides exhibit far more complex
environmental behaviors and toxic effects than their inorganic counterparts. For example,
organic iodides generated via atmospheric photochemical processes (e.g., iodomethane
and iodoethane) have low intrinsic toxicity but trigger cascading environmental reactions:
these volatile compounds undergo long-range atmospheric transport, decompose under
ultraviolet (UV) radiation, and release reactive iodine atoms that deplete stratospheric
ozone [13]. Additionally, limited cellular and genetic studies on DBPs have demonstrated
that brominated and iodinated DBPs exhibit significantly higher cytotoxicity and genotoxi-
city than their chlorinated congeners [4,14]. Based on these findings, it can be inferred that
organic iodides formed during shale gas extraction may also possess substantial toxicity.
However, the mechanisms underlying their toxic effects remain poorly understood, and
relevant research is extremely limited. Given that shale gas has become a key focus of
global energy development, and considering the “high complexity, strong toxicity, and
persistence” of organic iodine pollutants derived from shale gas extraction, comprehen-
sive ecological and human health risk assessments prior to shale gas development are of
great significance.

Transcriptome analysis unravels the molecular mechanisms by which toxins disrupt
cellular gene expression by systematically deciphering dynamic changes in cellular tran-
scriptional states and gene regulatory networks. Within this framework, RNA sequencing
(RNA-seq) stands as a core, foundational transcriptomic technology [15]. By leveraging the
advantages of high-throughput sequencing, this technique comprehensively captures cellu-
lar transcriptomic profiles and precisely identifies differentially expressed genes (DEGs)
upon toxic exposure. Upon integration with bioinformatics analyses—such as gene func-
tional annotation and pathway enrichment analysis—RNA-seq can further delineate the
mechanisms by which toxic substances perturb core cellular pathways, including those
governing metabolism, stress responses, and apoptotic regulation, thereby providing criti-
cal molecular insights into the toxic mechanisms of the target substances. Given the high
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detection frequency and potential high toxicity of iodoalkanes in shale gas wastewater,
clarifying the key mechanisms underlying their biological damage is critical. In this study,
we evaluated the toxic effects of three typical diiodoalkanes, namely 1,2-diiodoethane,
1,3-diiodopropane, and 1,4-diiodobutane, on HepG2 cells. Transcriptomic analysis was
further performed on HepG2 cells exposed to these pollutants, with the aim of identifying
key signaling pathways involved in the toxic effects of typical diiodoalkanes.

2. Materials and Methods

2.1. Chemicals and Reagents

1,2-diiodoethane (CoHylp, CAS:624-73-7, 98% purity), 1,3-diiodopropan (CsHglp,
CAS:627-31-6, 98% purity), and 1,4-diiodobutane (C4Hgl,, CAS:628-21-7, 98% purity)
were purchased from Tokyo Chemical Industry Co., Ltd (Tokyo, Japan). The Dulbecco’s
modified Eagle medium (High Glucose DMEM) was bought from Datahill Biotechnol-
ogy Co., Ltd. (Shanghai, China). The Fetal Bovine Serum (FBS) was obtained from
Biological Industries Israel Beit Haemek Ltd (Beit Haemek, Israel). Serum-free animal
protein-free cell freezing medium was derived from Nell Cell & Molecular Biotech Co., Ltd.
(Jiangsu, China). 2,7’-dichlorofluorescein diacetate (DCFH-DA) and 3-(4,5-dimethylthiazol-
2)-2,5-diphenyltetrazolium bromide (MTT) were bought from Sigma-Aldrich (St. Louis,
MO, USA). Other unspecified reagents were purchased from Beyotime Biotechnology
(Shanghai, China).

2.2. Cell Culture

The human hepatocellular carcinoma (HepG2) cell line was purchased from the Amer-
ican Type Culture Collection (ATCC). Cells are routinely cultured in Dulbecco’s Modified
Eagle Medium (DMEM) supplemented with 10% fetal bovine serum (FBS) and 1% penicillin-
streptomycin (P/S), in a humidified incubator maintained at 37 °C with 5% carbon dioxide
(CO,). Cells should be passaged at least twice. When cells exhibited stable morphology and
reached the logarithmic growth phase (prior to confluence), they were seeded into 96-well
or 6-well plates. Following 24 h of adherent culture to allow cell attachment, treatment with
diiodoalkanes was initiated. Diiodoalkanes were dissolved in dimethyl sulfoxide (DMSO)
for preparation. A solvent control group was included in the experiment, and the final
concentration of DMSO in the medium across all groups was maintained at 0.1% to rule
out potential solvent-induced interference with cell viability or function.

2.3. Cell Viability Assay

MTT assay was employed to evaluate the toxicity and cell viability of diiodoalkanes
on HepG2 cells: HepG2 cells were seeded at a density of 4 x 103 cells/well in a 96-well
plate. After 24 h of pre-incubation at 37 °C in a humidified incubator with 5% CO, to
allow cells to adhere and stabilize, cells were treated with 25 uM, 50 uM, 100 uM, and
200 uM concentrations of diiodoalkanes, and 0.1% DMSO (solvent control). After 24 h
exposure, 100 uL of MTT reagent (final concentration ~5 mg/mL) was added to each well
and incubated in the dark for 4 h to form MTT crystals. After removing the supernatant,
150 pL of DMSO was added to each well, and the mixture was incubated on a shaking
platform in the dark for 3 min to completely dissolve the crystals. Finally, absorbance at
570 nm was measured using a Spark® 20M multimode microplate reader (Tecan, Switzer-
land). Absorbance values indirectly reflected live cell numbers and cell viability.

2.4. Cellular Morphology Analysis

Cells were gently rinsed 1-2 times with phosphate-buffered saline (PBS) to remove
residual medium, and the sample was then mounted on the optical microscope stage.
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During observation, the cell distribution area was first located using the 10x low-power
objective, after which the objective was switched to the 20x and 40 x medium-to-high
power ones. The overall cell morphology was examined and photographed using the
microscope’s imaging system, with a focus on recording typical damage features such as
cell shrinkage, membrane rupture, abnormal aggregation, or detachment. At least three
representative fields per sample were selected to ensure the reliability of the analysis.

2.5. RNA-Sequencing and Bioinformatics Analysis

HepG2 cells were exposed to 50 uM 1,2-diiodoethane, 1,3-diiodopropane, and 1,4-
diiodobutane for 12 h. Total cellular RNA was then extracted using TRIZOL reagent (Life
Technologies, Carlsbad, CA, USA). RNA quality was assessed with an Agilent Bioanalyzer
2100 (Agilent Technologies, Santa Clara, CA, USA) to ensure suitability for subsequent
experimental procedures. To guarantee the reliability of results, three biological replicates
were included throughout the experiment. The quality assurance and quality control
(QA/QC) information for the raw sequencing data and omics analysis of RNA-seq are
provided in the Supplementary Materials. cDNA library sequencing was performed by
OE Biotech (Shanghai, China) using an Illumina HiSeqTM 2000 sequencer (Illumina, Inc.,
San Diego, CA, USA). Subsequently, DESeq software (Bioconductor 3.12) was utilized to
standardize gene count data across all samples and calculate fold changes in gene expres-
sion. The significance of differential expression was evaluated using negative binomial
distribution tests. Differentially expressed genes (DEGs) were identified based on the
criteria of “absolute fold change (FC) > 1.5 and p < 0.05”. Finally, functional annotation
and enrichment analysis of the identified DEGs were conducted using the Gene Ontology
(GO; database link: http://geneontology.org/ (accessed on 28 October 2025)) and the
Kyoto Encyclopedia of Genes and Genomes (KEGG; database link: https:/ /www.kegg.jp/
(accessed on 28 October 2025), aiming to explore their biological functions and potential
involvement in signaling pathways.

2.6. Detection of Reactive Oxygen Species

DCFH-DA fluorescent probe was used to detect intracellular ROS levels. HepG2 cell
suspensions were seeded at a density of 1.5 x 10° cells per well in a 6-well plate. After
the cells reached 70~80% confluence, they were exposed to different concentrations of
diiodoalkanes (25, 50, 100, and 200 pM) and 0.1% dimethyl sulfoxide (DMSO, solvent
control) for 4 h and 24 h, respectively. After exposure, remove the culture medium from the
wells. Add 10 uM DCFH-DA probe solution to each well. Incubate the cells in a 37 °C dark
incubator for 30 min to ensure complete probe loading. After incubation, discard unloaded
probe solution and gently wash cells three times with phosphate-buffered saline (PBS) to
remove residual probe and minimize background fluorescence interference. Subsequently,
observe and capture cellular fluorescence images using the ZOE™ Fluorescence Cell Imager
(BIO-RAD, Hercules, CA, USA). Analyze the fluorescence images with Image-Pro Plus
software (Medical Cybernetics, Inc., Albemarle, NC, USA, Version 6.0) to quantitatively
calculate intracellular fluorescence intensity—the level of fluorescence indirectly reflects
changes in intracellular ROS levels.

2.7. Determination of Catalase, Glutathione, and Cysteine

Commercially available assay kits were used to measure the levels of catalase (CAT),
glutathione (GSH), and cysteine (Cys) in HepG2 cells following exposure to the toxicant.
As described above, HepG2 cells were first treated with different concentrations of di-
iodoalkanes (including a 50 uM iodinated alkane group and a 0.1% DMSQO solvent control
group) for 24 h. Following treatment, cells were collected via trypsin digestion and gently
washed 2~3 times with phosphate-buffered saline (PBS) to remove residual medium and
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digestion solution. Subsequently, intracellular levels of the three antioxidant molecules
were measured using the CAT assay kit, GSH assay kit, and Cys assay kit, respectively. All
procedures strictly followed the manufacturers’ instructions for each kit. After detection,
the absorbance values corresponding to each indicator were recorded using a Spark® 20M
Multifunction Microplate Reader (Tecan, Switzerland). All assays were independently
replicated three times to ensure the reliability of the experimental data.

2.8. Statistical Analysis

GraphPad Prism 9.0 software (San Diego, CA, USA) was used for graphing and
statistical analysis. All experiments were independently replicated three times with at
least three parallel samples. The data were presented as mean =+ standard deviation (SD).
Multiple comparisons between groups were analyzed by using one-way ANOVA and post
hoc Tukey’s Test. The significance level of the data differences was determined by the
p-values: p-value < 0.05 (*), p-value < 0.01 (**).

3. Results
3.1. Diiodoalkanes Affect the Cell Viability and Morphology of HepG2

The MTT cell proliferation assay was employed to evaluate the effects of 24 h exposure
to 1,2-diiodoethane, 1,3-diiodopropene, and 1,4-diiodoobutane on the proliferation ability
of HepG2 cells. As shown in Figure 1A, compared with the control group, exposure to any of
the three diiodoalkanes at concentrations of 25 M or 50 uM led to a significant decrease in
HepG2 cell viability (p < 0.01). These concentrations differ by less than 100-fold from those
detected in actual surface water, suggesting potential ecological risks from diiodoalkanes
in shale gas wastewater discharge. When the exposure concentration increased to 100 uM,
all three diiodoalkanes significantly inhibited HepG2 cell viability (p < 0.05), reducing it to
79.9 £ 6.2%, 65.7 £ 7.5%, and 72.7 & 8.4% of the control group, respectively. With a further
concentration increase to 200 uM, cell viability continued to decrease significantly, reaching
51.6 £ 6.0%, 35.3 £ 10.3%, and 47.2 £ 9.5% of the control group, respectively. Quantitative
analysis revealed the toxic potency of the three diiodoalkanes against HepG2 cells in the
following order: 1,3-diiodopropane > 1,4-diiodobutane > 1,2-diiodoethane.
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Figure 1. Effects of 1,2-diiodoethane, 1,3-diiodopropane and 1,4-diiodobutane exposure on HepG2.
(A) The viability measured by the MTT assay. (B). The cell morphology observed by microscopic.
(The control was treated with medium containing 0.1% DMSO (v/v), * p < 0.05, ** p < 0.01).

The results of microscopic observations (Figure 1B) revealed significant morphological
changes in HepG2 cells following 24 h exposure to the three diiodoalkanes. Compared with
the control group, all treated groups exhibited typical toxicological characteristics, such
as cell shrinkage, reduced cell numbers, and increased cellular debris. The extent of cell
loss showed a positive correlation with diiodoalkanes concentration. At the high exposure
concentration of 200 uM, specifically, a marked reduction in cell area was observed. The
most pronounced decrease in cell number was observed in the 1,3-diiodopropane-treated
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group, followed by the 1,4-diiodobutane-treated group. This phenomenon aligns with the
aforementioned reported toxicity ranking, further suggesting that the toxic effects of these
three diiodoalkanes may be associated with their chemical structure.

3.2. Effects of Diiodoalkanes on Gene Expression in HepG2 Cells

To elucidate the molecular mechanisms underlying the cytotoxicity induced by di-
iodoalkanes on HepG2 cells, transcriptomic analysis was performed in this study to inves-
tigate differential gene expression profiles following exposure to 50 uM diiodoalkanes. The
goal was to identify potential regulatory pathways mediating their toxic effects. Statistical
results for differentially expressed genes (DEGs) are shown in Figure 2A. Compared with
the control group, a total of 158 DEGs were identified in the 1,2-diiodoethane-treated group,
including 63 upregulated genes and 95 downregulated genes; the number of DEGs in the
1,3-diiodopropane-treated group increased significantly to 491, comprising 348 upregu-
lated and 143 downregulated genes; and 221 DEGs were detected in the 1,4-diiodobutane-
treated group (105 upregulated and 116 downregulated). Figure 2B further presents the
distribution characteristics of DEGs across the three treatment groups, clearly demonstrat-
ing the quantitative relationship between group-specific and shared DEGs. Specifically,
85 unique DEGs were identified in the 1,2-diiodoethane-exposed group, 319 in the 1,3-
diiodopropane-exposed group, and 86 in the 1,4-diiodobutane-exposed group. Regarding
shared DEGs, the 1,3-diiodopropane and 1,4-diiodobutane groups shared 132 DEGs, while
the 1,2-diiodoethane group shared 70 and 33 DEGs with the 1,3-diiodopropane and 1,4-
diiodobutane groups, respectively. These statistical data further indicate that the three
diiodoalkanes have significantly different intensities of perturbation on the gene expres-
sion of HepG2 cells: 1,2-diiodoethane has a relatively weak regulatory effect on gene
expression, while 1,3-diiodopropane has the most prominent perturbation effect on the
cell transcriptome.
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Figure 2. Analysis of differentially expressed genes (DEGs) after treatment of HepG2 cells with
1,2-diiodoethane, 1,3-diiodopropene, and 1,4-diiodobutane. (A) Number and distribution of DEGs in
each group; (B) Venn diagram of DEGs.

3.3. Gene Ontology Enrichment Analysis

To clarify the biological functions associated with DEGs, Gene Ontology (GO) enrich-
ment analysis was performed on the DEGs identified in this study. Figure 3 display the
top 30 most significantly enriched biological function terms associated with DEGs in the
1,2-diiodoethane, 1,3-diiodopropane, and 1,4-diiodobutane treatment groups, respectively.
These terms span three categories: biological process, cellular component, and molecu-
lar function, with the top 10 terms selected from each category. Analysis showed that
nearly all significantly enriched GO terms were associated with the extracellular space and
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extracellular matrix. The core GO terms that are common to all three treatment groups
and related to these extracellular components include: extracellular matrix organization
(GO:0030198), extracellular space (GO:0005615), extracellular matrix (GO:0031012), extracel-
lular exosome (GO:0070062), extracellular matrix structural constituent (GO:0005201), and
collagen-containing extracellular matrix (GO:0062023). In the top GO enrichment results
for the 1,3-diiodopropane and 1,4-diiodobutane exposure groups, both showed enrichment
in GO terms related to endoplasmic reticulum function, specifically: endoplasmic reticu-
lum lumen (GO:0005788), chaperone cofactor-dependent protein refolding (GO:0051085),
and unfolded protein binding (GO:0051082). Additionally, GO terms enriched for 1,2-
diiodoethane exposure, enriched GO terms were related to the negative regulation of the
apoptotic process (GO:0043066), while for 1,3-diiodopropane exposure, terms related to the
positive regulation of the apoptotic process (GO:0043065) were identified.
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Figure 3. GO functional enrichment analysis of differentially expressed genes.

3.4. Kyoto Encyclopedia of Genes and Genomes Pathway Enrichment Analysis

To elucidate the potential molecular mechanisms underlying the effects of 1,2-
diiodoethane, 1,3-diiodopropene, and 1,4-diiodobutane on HepG2 cells, this study further
performed Kyoto Encyclopedia of Genes and Genomes (KEGG) pathway annotation and en-
richment analysis on differentially expressed genes (DEGs). The top 20 signaling pathways
significantly altered by the three diiodoalkanes were presented in Figure 4, respectively.
Pathway analysis revealed that 1,2-diiodoethane primarily disrupted two key pathways:
the ECM-receptor interaction pathway and the PI3K-Akt signaling pathway. In contrast,
1,3-diiodopropane and 1,4-diiodobutane shared partially overlapping disrupted pathways,
specifically the ferroptosis pathway, TNF signaling pathway, IL-17 signaling pathway, and
protein processing in the endoplasmic reticulum. Additionally, 1,3-diiodopropane uniquely
regulated the MAPK signaling pathway. Previous studies have suggested that all the
aforementioned disrupted pathways are directly or indirectly associated with oxidative
stress [16-20]. These findings further suggest that 1,2-diiodoethane, 1,3-diiodopropane, and
1,4-diiodobutane significantly disrupt the homeostasis between oxidative stress-induced
damage and antioxidant defense in HepG2 cells.
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Figure 4. KEGG pathway analysis of differentially expressed genes.
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3.5. Effects of Diiodoalkanes on Reactive Oxygen Species in HepG2 Cells
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When cells undergo oxidative stress, the balance between pro-oxidative and antioxi-

dant systems shifts toward oxidation, thereby inducing neutrophilic inflammatory infiltra-

tion, increased protease secretion, and the production of numerous oxidative intermedi-

ates [21,22]. Reactive oxygen species (ROS), as core markers of oxidative stress, directly
reflect its severity. To investigate the effects of diiiodoalkanes on ROS levels in HepG2
cells under different exposure conditions, this study employed the DCFH-DA fluorescent
probe assay. Five concentration gradients of 0, 25, 50, 100, and 200 uM were tested, with
exposure durations of 4 h and 24 h, respectively. Results are shown in Figure 5. In the 4 h

exposure group, the highest concentration (200 pM) of 1,2-diiodoethane, 1,3-diiodopropane,
and 1,4-diiodobutane increased ROS levels in HepG2 cells to 253.2%, 250.2%, and 179.1%
of the control group, respectively. In the 24 h exposure group, by contrast, ROS levels

induced by these three compounds at the same concentration were 239.8%, 203.5%, and

168.3% of the control group, respectively. These results indicate that all three diiodoalkanes
significantly induced an increase in ROS levels in HepG2 cells. The trend of ROS elevation
was consistent across both 4 h and 24 h exposure groups, suggesting temporal stability in

their oxidative stress-inducing effects.
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Figure 5. Effect of exposure to different iodinated alkanes on reactive oxygen species (ROS) generation
in HepG2 cells. (A—C) show the fluorescence images and their corresponding quantification plots of
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ROS overproduction induced in cells by the 1,2-diiodoethane, 1,3-diiodopropene, and 1,4-
diiodobutane groups, respectively. Values are the mean + SD of three independent experiments. The
control group was treated with medium containing 0.1% (v/v) DMSO. * p < 0.05, ** p < 0.01.

3.6. Effects of Diiodoalkanes on Antioxidant Enzymes/Molecules in HepG2 Cells

Cells primarily rely on endogenous antioxidant systems to maintain ROS homeosta-
sis, with cysteine (Cys), glutathione (GSH), and catalase (CAT) serving as core defense
factors [23]. This study further examined antioxidant markers in HepG2 cells following
24 h exposure to three diiodoalkanes at a concentration of 50 uM. Compared with the
control group, the three diiodoalkanes exhibited significant differences in their effects
on CAT, GSH, and Cys in HepG2 cells. Regarding CAT activities (Figure 6A), exposure
to 1,2-diiodoethane significantly reduced CAT activity to 57.1% of the control, while ex-
posure to 1,4-diiodobutane significantly increased it to 147.3%. In contrast, exposure to
1,3-diiodopropane did not induce significant changes in CATactivities. For GSH levels
(Figure 6B), 1,2-diiodoethane exposure caused an increase, whereas 1,4-diiodobutane expo-
sure led tp a significant decrease. Similarly, 1,3-diiodopropane had no significant effect on
GSH levels. With respect to Cys levels (Figure 6C), exposure to 1,2-diiodoethane did not
result in significant changes, while both 1,3-diiodopropane and 1,4-diiodobutane exposure
significantly elevated HepG2 intracellular Cys levels.
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Figure 6. Effects of Diiodoalkanes on Antioxidant Enzymes/Molecules in HepG2 Cells. (A-C) show
the relative activities or contents of catalase (CAT), glutathione (GSH), and cysteine (Cys) detected in
HepG2 cells, respectively. Values are the mean + SD of three independent experiments. The control
group was treated with medium containing 0.1% (v/v) DMSO. * p < 0.05, ** p < 0.01.

4. Discussions

Shale gas extraction not only releases pollutants into the surrounding environment—
including fracturing additives and geogenic compounds—but also generates “unknown
source” environmental transformation products, derived from both anticipated and unan-
ticipated sources, in the process. Among these pollutants, organic iodides typically pose
more significant health risks than chlorides or bromides; however, their presence and
toxicological potential remain unclear. Previous studies have demonstrated that various di
iodoalkanes exhibit cytotoxicity [11]. Their toxic effects not only exhibit significant time-
and dose-dependence, but also vary in the intensity of toxicity based on the number of
iodine substitutions in the molecule. Building on this, the present study further showed
that three diiodoalkanes exerted clear effects on HepG2 cells at concentrations ranging from
25 to 200 uM: They significantly inhibited cell proliferation, induced cell morphological
abnormalities, and even caused extensive cell death. These results further suggested the
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dose-dependent characteristics of the diiodoalkanes’ toxicity. This difference indicates that
the toxicity of diiodoalkanes is closely related to their molecular structure. Mechanistically,
the strong electron-withdrawing property of iodine atoms increases the molecular polarity,
thereby promoting their binding to the intracellular enzyme systems. Ultimately, differ-
ences in molecular structure and iodine atom substitution positions determine the toxicity
intensity of these pollutants.

Transcriptomic sequencing results revealed that the number of differentially expressed
genes (DEGs) in HepG2 cells exposed to 1,2-diiodopropane, 1,3-diiodobutane, and 1,4-
diiodoethane was 158, 491, and 221, respectively (Figure 2). Notably, the 1,3-diiodopropane-
exposed group exhibited significantly more DEGs than the 1,2-diiodoethane and 1,4-
diiodobutane groups, suggesting that 1,3-diiodopropane may exert a stronger molecular
perturbation effect on HepG2 cells than the other two diiodoalkanes. This finding aligns
with the established toxicity hierarchy of the three diiodoalkanes, further validating the
correlation between molecular structure and toxic intensity. To elucidate the biological
functions of identified DEGs, Gene Ontology (GO) and Kyoto Encyclopedia of Genes and
Genomes (KEGG) enrichment analyses were conducted. The enriched GO terms were
primarily associated with the extracellular space, extracellular matrix (ECM), and endo-
plasmic reticulum (ER). The extracellular space acts as an intermediary microenvironment
for material exchange and signal transduction between cells and their surrounding envi-
ronment. It is mainly composed of the ECM and extracellular fluids and also serves as a
critical compartment for the diffusion and action of oxidative stress-related molecules, such
as reactive oxygen species (ROS) and antioxidants. The ECM not only provides mechanical
support and intercellular connectivity but also participates in intercellular signaling. It
acts as a crucial binding site for cytokines and growth factors, and the maintenance of its
structural and functional integrity is vital for sustaining cellular homeostasis [24]. When
cells are subjected to adverse stimuli, the impaired function of the antioxidant defense sys-
tem results in the overproduction of ROS, which disrupts the oxidant-antioxidant balance
and induces oxidative stress. Oxidative stress not only directly damages ECM components
(e.g., collagen and elastin) and matrix metalloproteinases (MMPs) but also downregulates
the expression levels of ECM-related regulatory factors [25]. Notably, extracellular matrix
remodeling is a key process jointly regulated by oxidative stress and DNA damage, exhibit-
ing bidirectional interactions: oxidative stress/DNA damage induces ECM remodeling,
while abnormal ECM remodeling conversely affects cellular oxidative stress status.

The ER serves as the primary site for protein folding within cells. The protein folding
process mediated by it consumes ATP and involves redox reactions, consequently gener-
ating small amounts of ROS continuously. When cells are exposed to external toxins, the
ER’s protein folding capacity becomes disrupted, leading to the accumulation of unfolded
or misfolded proteins within its lumen. This induces endoplasmic reticulum stress (ERS),
which further promotes the overproduction of ROS. Excessive ROS not only damages ER
structure (e.g., by disrupting membrane integrity and oxidizing membrane phospholipids)
but also oxidatively inactivates key functional molecules in the ER (e.g., molecular chap-
erones and foldases) [19]. This ultimately results in the total collapse of ER homeostasis,
potentially inducing apoptosis.

For the 1,2-diiodoethane, 1,3-diiodopropane, and 1,4-diiodobutane exposure groups,
the GO enrichment results all included entries related to the ECM. It is well established that
oxidative stress can alter the metabolic processes of ECM components and the expression of
related regulatory factors, leading to excessive accumulation or degradation of specific ECM
components and the disruption of ECM homeostasis. Consistent with this mechanism, the
aforementioned GO enrichment results imply that 1,3-diiodopropane and 1,4-diiodobutane
may impair cell viability in HepG2 cells by exacerbating oxidative stress-induced damage
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and disrupting antioxidant function. Furthermore, KEGG enrichment analysis identified
multiple signaling pathways related to the ECM and ER, nearly all of which have direct or
indirect associations with oxidative stress. This finding further supports the notion that
exposure to the aforementioned diiodoalkanes may induce cytotoxicity in HepG2 cells by
perturbing the balance between oxidative stress-induced damage and antioxidant defense.

ROS are natural byproducts of normal cellular metabolic activity. Under physiolog-
ical conditions, the production and clearance (quenching) of intracellular ROS maintain
a dynamic equilibrium to ensure stable physiological functions. However, when cells
are exposed to toxic stimuli, intracellular redox homeostasis is disrupted. The balance
between ROS production and clearance shifts toward elevated ROS levels, leading to cellu-
lar dysfunction and the onset of oxidative stress [26]. The results of this study indicated
that diiodoalkanes significantly induce increased ROS levels in HepG2 cells across the
experimental exposure concentrations (25~200 uM) and exposure time points (4 h and
24 h). This elevation exhibits clear dose-dependent effects (Figure 4). Excessive intracellular
ROS can trigger multiple outcomes, including oxidative damage to proteins and lipids,
DNA damage, apoptosis, and inflammatory responses, potentially exerting significant
adverse effects on HepG2 cells. Cells typically rely on their antioxidant systems to maintain
ROS homeostasis. Therefore, to further investigate the regulatory effects of diiodoalkanes
on the cellular antioxidant system, this study examined the levels of key enzymes and
molecules closely associated with antioxidant function and redox homeostasis in HepG2
cells following 24 h exposure to the three diiodoalkanes. Results showed that: Compared
with the control group, the 1,2-diiodoethane-exposed group exhibited significantly ele-
vated GSH levels and markedly reduced CAT activity, with no significant change in Cys
levels. The 1,3-diiodopropane-exposed group caused only a significant increase in cellu-
lar Cys levels. The 1,4-diiodobutane-exposed group led to a significant decrease in both
CAT and Cys levels, along with a significant reduction in GSH levels. These findings
indicated that diiodoalkanes can modulate cellular antioxidant systems by regulating key
enzymes and molecules to counteract ROS accumulation, yet their regulatory patterns
exhibit compound-specific structural dependencies.

5. Conclusions

This study focuses on “unknown-source” organic iodides generated during shale gas
extraction—pollutants for which their occurrence, toxic effects, and mechanisms of toxicity
remain unclear—and systematically investigates the toxic effects and underlying mecha-
nisms of three typical diiodoalkanes on human hepatocellular carcinoma (HepG2) cells.
Results show that at concentrations ranging from 25 to 200 uM, all three diiodoalkanes sig-
nificantly inhibit HepG2 cell proliferation, induce cellular morphological abnormalities, and
trigger extensive cell death; their toxicity exhibits pronounced time- and dose-dependent
patterns, and 1,3-diiodopropane demonstrates the strongest toxicity. Transcriptomic anal-
ysis revealed that the number of differentially expressed genes (DEGs) in HepG2 cells
treated with 1,2-diiodoethane, 1,3-diiodopropane, and 1,4-diiodobutane was 158, 491,
and 221, respectively—with the 1,3-diiodopropane group exhibiting the highest DEG
count—and this DEG profile perfectly aligns with the aforementioned toxicity hierarchy:.
Further Gene Ontology (GO) and Kyoto Encyclopedia of Genes and Genomes (KEGG)
enrichment analyses showed that DEGs were primarily enriched in functional terms asso-
ciated with the extracellular matrix (ECM) and endoplasmic reticulum (ER), suggesting
that the toxic effects of diiodoalkanes may be linked to the disruption of cellular oxidant-
antioxidant system homeostasis, and subsequent validation experiments suggested that di-
iodoalkanes exposure significantly increased reactive oxygen species (ROS) levels in HepG2
cells while markedly perturbing intracellular antioxidant molecules (glutathione [GSH], cys-
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teine [Cys]) and the antioxidant enzyme catalase (CAT). However, this study has limitations,
specifically as follows: First, the experimental model utilized HepG2 cells (a hepatocellular
carcinoma cell line) rather than primary liver cells. Their physiological characteristics differ
from those of normal liver cells, limiting the applicability of the findings for assessing health
risks in real physiological scenarios. Second, the selected pollutants are volatile. Volatiliza-
tion during experiments may have reduced the actual exposure concentration in the system,
potentially leading to overestimated toxicity effect values that do not fully reflect the true
toxicity profile under real environmental exposure conditions. Finally, due to technical
limitations, we did not measure the actual concentration of pollutants taken up/utilized
by the cells. Analysis was based solely on the initial exposure concentration. This hin-
ders in-depth analysis of the metabolic pathways and mechanisms of action of pollutants
within cells and also affects the precise interpretation of the dose-response relationship for
toxic effects.
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and 1,4-diiodobutane. Red, green, and gray represent upregulation, downregulation, and no
significant change in DEGs, respectively. A: 1,2-diiodoethane vs. control; B: 1,3-diiodopropane;
C: 1,4-diiodobutane vs. control. Table S4: Comparison of gene expression between RT-qPCR and
RNA-sequencing. Table S5: Dataset of all DEG.
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