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Basel • Beijing • Wuhan • Barcelona • Belgrade • Novi Sad • Cluj • Manchester



Guest Editors

Dubravka Čerba
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National Institute of the

Republic of Serbia

University of Belgrade

Belgrade

Serbia

Editorial Office

MDPI AG

Grosspeteranlage 5

4052 Basel, Switzerland

This is a reprint of the Special Issue, published open access by the journal Water (ISSN 2073-4441),

freely accessible at: https://www.mdpi.com/journal/water/special_issues/HXAB1RZ25G.

For citation purposes, cite each article independently as indicated on the article page online and as

indicated below:

Lastname, A.A.; Lastname, B.B. Article Title. Journal Name Year, Volume Number, Page Range.

ISBN 978-3-7258-6262-7 (Hbk)

ISBN 978-3-7258-6263-4 (PDF)

https://doi.org/10.3390/books978-3-7258-6263-4

Cover image courtesy of Dubravka Čerba
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1. Introduction to the Special Issue

In recent times, there have been growing concerns about biodiversity and habitat
protection in all ecosystems, especially freshwater ecosystems, since some of the strongest
negative anthropogenic influences are evident in lakes, rivers, ponds, and floodplains [1–3].
Globally, efforts are being made to protect biodiversity, reduce habitat destruction, and en-
sure vital ecological services through the assessment and monitoring of aquatic habitats and
communities, as well as the development of protection, revitalization, and restoration plans
for natural freshwater ecosystems [2–4]. To achieve these goals, it is essential to understand
how ecosystems function, the status of present communities, and the main environmental
factors influencing them [5,6]. Furthermore, biotic elements or multi-indicator approaches
can be instrumental in the protection and management of freshwater systems [5–7].

It is vital to approach these issues from different angles and disciplines because fresh-
water bioassessment is complex process. Certain taxonomic groups, such as Ephemeroptera,
Plecoptera, Trichoptera (EPT), oligochaetes, and chironomids, are particularly important
as indicators of water quality, reflecting both good and degraded status [5–7]. With in-
creasing anthropogenic pressures and climate change, there is a pressing need for regular
monitoring of aquatic ecosystems and for updating and improving applied bioassessment
methods. Large-scale international initiatives, such as the Joint Danube Survey, play a
critical role in comprehensive data collection and analysis regarding aquatic biodiversity,
biotic community structure, chemical status, pollution, microplastics, hydromorphological
alterations, and other ecosystem parameters [8,9].

Microplastic pollution has emerged as a major concern in recent years, affecting or-
ganisms across trophic levels and potentially impacting human health [8]. Molecular
approaches such as eDNA metabarcoding have advanced our ability to accurately assess
biodiversity. For instance, Pleše and Buj assessed endangered lamprey species in Croa-
tia, providing insights into their phylogeny, ecology, and conservation needs. Similarly,
Šimunović et al. studied the phytoplankton community in a karstic lake, using both mor-
phological and molecular methods to evaluate the applicability of eDNA metabarcoding as
a biomonitoring tool.

The aim of this Special Issue is to highlight contemporary challenges in fresh-
water ecology, including biodiversity loss, environmental stressors—both natural and
anthropogenic—biotic community structure and functional complexity, and the application
of molecular analyses in hydrobiological research and bioassessment. The contributions

Water 2025, 17, 3109 https://doi.org/10.3390/w17213109
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gathered here provide valuable insights from diverse studies and demonstrate the impor-
tance of integrating classical ecological approaches with modern molecular, chemical, and
biotic assessment tools [1–12].

2. A Summary of the Special Issue

This Special Issue presents 11 research articles focused on the ecology, biodiversity,
and monitoring of freshwater ecosystems under increasing anthropogenic pressures. The
studies cover a wide range of topics, including phytoplankton assessment using morpho-
logical and molecular approaches, ecological differentiation of oligochaete communities,
and conservation of Unio crassus. Other contributions explore the application of the EPT
index for water quality assessment, microplastic pollution in benthic organisms, and the
genetic diversity and conservation requirements of lampreys in Croatia. Research on
meiofaunal assemblages in Baiyangdian Lake (China) further advances understanding
of ecosystem health and restoration priorities. Together, these studies provide valuable
insights into freshwater biodiversity and highlight the importance of integrating classical
and modern approaches for effective ecological assessment and management.

Šimunović et al. presented a study characterizing the phytoplankton community of a
natural karstic lake by combining and comparing morphological and molecular approaches
to check the applicability of eDNA metabarcoding as a biomonitoring tool. A total of
51 phytoplankton taxa were found using the morphological approach, whilst the molecular
approach discovered 97 ASVs that corresponded to the algal community. The comparability
of both approaches in describing phytoplankton communities is evident in the designation
of centric diatoms, dinoflagellates and cryptophytes as descriptive taxa. The authors also
showed that both approaches proved reliable in detecting functional groups (Lo, C, X2, X3)
with similar ecological demands. It was confirmed that eDNA metabarcoding is an applica-
ble tool for biodiversity monitoring of a natural karst lake and should be used as a feasible
supplement to traditional microscopy in phytoplankton community assessments.

Atanacković et al. examined the distribution of oligochaete species and their ecolog-
ical differentiation with respect to environmental factors: altitude, temperature, oxygen
concentration, conductivity, total organic carbon, and waterbody type. Although they
are widespread, differentiation of oligochaete communities in four waterbody types and
altitudinal groups was observed through alpha and beta diversity. The study showed that
the total beta diversity decreased with a decrease in waterbody size and with an increase in
the size of substrate particles, river flow velocity, and altitude. Communities from small
mountain rivers and streams and large and medium rivers with coarser substrates differed
from other oligochaete communities. The described research represents an important
step for using oligochaetes more reliably and effectively, as they are a necessary BQE
(biological quality element) in the biological validation of waterbody typology in routine
monitoring practice.

Tomović et al. contributed to the knowledge on Unio crassus Philipson, 1788, a species
with high priority for conservation. The research covered a variety of waterbody types
throughout Serbia, and distribution data were considered over three time periods from
1953 to 2019. The paper summarizes all the available literature data, field research and
information obtained during the review of the malacological material collection of the
Natural History Museum in Belgrade. The results show a positive population trend, which
is reflected in an extension of the distribution area and an increase in population density.
The study also revealed better insights into the habitat requirements and limiting factors of
the species (e.g., substrate characteristics, waterbody types, altitude, and some nutrients
seem to be of great importance for the occurrence of the species).

2
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Tubić et al. evaluated the significance of the EPT index in the water quality assessment
of three types of waterbodies in hilly and mountainous regions of Serbia. The authors
compared the obtained values of biological indices used for the water quality assessment
according to the national legislation with the overall status assessment represented by the
ecological quality classes (EQC). The results indicate that the EPT index is an excellent
indicator of changes in water quality and an important tool for the ecological categorization
of waterbodies in mountainous regions.

Stanković et al. studied microplastics in chosen benthic organisms (Corbicula spp.,
Limnodrilus hoffmeisteri (Claparede, 1862), and Polypedilum nubeculosum (Meigen, 1804)),
obtained during the Joint Danube Survey 4 (JDS4) expedition. Alkaline and enzymatic
protocols were performed for tissue degradation, followed by filtering through glass
microfiber filters (mesh size 0.5 μm), and MP particles were photographed, measured,
and counted. After μ-ATR-FTIR spectroscopy analysis, the particles were characterized
as polycarbonate (PC), polyethylene terephthalate (PET), polypropylene–polyethylene
copolymer (PP-PE), nylon (polyamide-PA) and cellophane, with PET being dominant.
New knowledge on microplastics in aquatic environments and organisms is crucial for the
protection of nature.

Pleše and Buj addressed the pressing issue of protecting endangered lamprey species
in Croatia, a crucial element in preserving biodiversity, particularly in the face of increasing
human-induced impacts on natural ecosystems due to global warming. The study aimed
to bridge the knowledge gap by assessing the genetic diversity and structure of identified
lamprey species and lineages in Croatia using the gene for cytochrome b. The research
revealed four distinct lineages within the species Eudontomyzon vladykovi Oliva and Zanan-
drea, 1959, confirmed the presence of the species Eudontomyzon danfordi Regan, 1911, in
Croatia, and provided important insights into the intricate relationships and conservation
needs of lampreys, providing a basis for future discussions involving additional genetic
markers. By gaining a comprehensive understanding of the taxonomy, ecology, and genetic
diversity of lampreys, we can ensure their conservation and that of associated ecosystems.

Cao et al. conducted their research on the Baiyangdian Lake, North China Plain, which
plays a pivotal role in maintaining the regional ecological balance and biodiversity. The
aim was to evaluate the density, spatiotemporal patterns, and habitat response dynamics of
meiofauna, primarily comprising freshwater nematodes (91.78%), ostracods, and copepods.
The study indicated that the distribution and abundance of meiofauna were significantly
affected by environmental factors, with water depth and ammonia nitrogen levels being
potential key determinants. The authors evaluated the “health status” of the Baiyangdian
ecosystem, which can later aid the protection of biodiversity of this area, and can also
provide scientific support for its ecological restoration and governance as well as the
assessment of ecological service functions.

Together, these studies demonstrate the value of integrating traditional ecological
approaches with molecular, chemical, and biotic assessment tools. They contribute to
a better understanding of ecosystem responses and inform effective conservation and
management strategies, advancing global efforts to preserve freshwater biodiversity and
maintain sustainable aquatic environments.

Author Contributions: Conceptualization: D.Č., M.R., F.S. and D.M.; writing—original draft prepa-
ration: D.Č. and M.R.; writing—review and editing: D.Č., M.R., F.S. and D.M. All authors have read
and agreed to the published version of the manuscript.

Funding: This research received no external funding.
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Abstract: Phytoplankton are considered to be one of the most sensitive indicators of the ecological
status of lakes. Nowadays, it is essential to recognize the prospects of the molecular approach (eDNA
metabarcoding) in phytoplankton community assessments and combine them with the existing
traditional microscopy-based morphological approach before its standardization. In this study,
the aim was to characterize the phytoplankton community of a natural karstic lake by combining
and comparing the morphological and molecular approach to check the applicability of eDNA
metabarcoding as a biomonitoring tool. A total of 51 phytoplankton taxa were found using the
morphological approach, whilst the molecular approach discovered 97 ASVs that corresponded to the
algal community. The comparability of both approaches in describing phytoplankton communities is
evident in the designation of centric diatoms, dinoflagellates and cryptophytes as descriptive taxa.
Furthermore, both approaches proved reliable in detecting functional groups (Lo, C, X2, X3) with
similar ecological demands. Moreover, the results have shown that euphotic zone samples can be
reliably exchanged by composite samples to provide an accurate characterization of phytoplankton
communities in the euphotic zone. It was confirmed that eDNA metabarcoding is an applicable tool
for biodiversity monitoring of a natural karst lake and should be used as a feasible supplement to
traditional microscopy in the phytoplankton community assessments, with regards to the drawbacks
of each method.

Keywords: phytoplankton; eDNA; karst lake; diversity; metabarcoding; functional groups

1. Introduction

Natural lakes in Croatia are a phenomenon mainly associated with the karst landforms
of the Dinaric ecoregion. The Dinaric ecoregion is a part of the Mediterranean Basin, well
recognized as one of the Earth’s biodiversity hotspots [1]. Each karst lake is a unique
freshwater ecosystem with its own geological, physical and chemical characteristics [2].
Looking from this perspective, biodiversity protection, conservation and sustainable man-
agement of freshwater karstic ecosystems require a set of applicable practices based on the
best available technologies and establishment of relevant measures founded on up-to-date
information and a quality knowledge database.

Phytoplankton play an essential role as the foundation of the food web and as primary
producers ubiquitous in all aquatic ecosystems, being especially dominant in the pelagic
zone of lakes [3]. As a key Biological Quality Element prescribed by the Water Framework
Directive [4], phytoplankton are considered to be one of the most sensitive indicators of a
lake’s ecological status because they respond rapidly to any environmental changes [5,6].
Phytoplankton biotic metrics used to assess the ecological status of surface water bodies are
commonly constructed on traditional morphology-based microscopic identification of taxa,
which is time-consuming, costly and has limitations in terms of reproducibility, compara-
bility and applicability in biomonitoring programs [7,8]. Compared to the morphological

Water 2023, 15, 1379. https://doi.org/10.3390/w15071379 https://www.mdpi.com/journal/water6
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approach, environmental DNA (eDNA) metabarcoding has been recognized as a tool with
the potential to revolutionize biomonitoring and bioassessment, as it offers numerous
advantages that include higher accuracy in species identification, increased detection of
cryptic diversity and genetic variability, as well as high automation potential including
high spatial and temporal resolution [7,9,10]. However, eDNA metabarcoding suffers
from several setbacks, one being the incompleteness of the current reference database,
which could potentially be compensated for by adding representative sequences of local
species from the studied aquatic ecosystems [8]. This method may also be less suitable
for estimating abundance, may not provide information on the age or size structure of a
population [10] and needs to be standardized before it can be adequately applied in routine
monitoring [11]. Nevertheless, the combination of microscopy and molecular methods can
provide great improvements in phytoplankton community assessments [7,8,12]; therefore,
it is important to recognize the potential of eDNA-based methods and harmonize them
with the existing traditional morphological approach.

The aim of this study was to gain a better insight into phytoplankton diversity in the
natural karst Lake Visovac (Krka River, southern Croatia) in order to achieve an adequate
implementation of a reliable ecological status assessment. Specifically, the aims were
to: (a) describe the horizontal and vertical distribution of phytoplankton in the Lake
Visovac by applying the traditional morphological approach and the molecular eDNA
metabarcoding approach using the amplicon sequencing of hypervariable region V9 of
the 18S rRNA gene to investigate total eukaryotic phytoplankton diversity, (b) determine
if composite samples could be used as a relevant substitute for discrete sampling in the
characterization of phytoplankton community in the euphotic zone, (c) compare the results
obtained by morphological and molecular approaches, and (d) establish the applicability
of eDNA metabarcoding as a biomonitoring tool in Lake Visovac. The study results will
enable establishing a functional system for monitoring changes in the environment and a
contribution to the protection of unique karst ecosystems such as the Krka River.

2. Materials and Methods

2.1. Study Area

Krka River rises at the base of Dinara Mountain near the city of Knin in Croatia. It
is a 72.5 km long karstic river situated in the central part of the eastern Adriatic coast. Its
course is distinguished by alternating lotic and lentic parts as well as tufa deposits forming
barrages and cascades. Lake Visovac has a volume of 103 × 106 m3 and origins from the
post-Würm period with the formation of the final and the largest tufa barrier in the Krka
River hydrosystem, named Skradinski Buk [13]. Following the provisions of the national
typology, Lake Visovac is classified as a medium-sized, medium-depth lowland lake on the
carbonate substrate [14].

2.2. Sampling and Methods

Phytoplankton composition and biomass were investigated during August 2018 on 10
sampling stations (V1 to V10) along the limnetic and littoral zone of Lake Visovac (Figure 1).
The study area extended from the northern part of the Lake close to Roški slap waterfall
(V1) to the southern part immediately before Skradinski Buk waterfall (V8) and near the
confluence of the tributary Čikola River (V9 and V10). Stations were divided into three
groups according to their geographic position on the Lake: upper (V1, V2), central (V3, V4,
V5 and V6) and lower stations (V7, V8, V9 and V10). Station V8 was excluded from the
analyses due to shallow maximum depth (3 m).

The total number of samples was defined by the maximum depth of each station,
Secchi depth, thermocline depth and mixing depth of the water column with respect to
the temperature difference. Water column transparency (ZSD) was determined with a
Secchi disc and used for the calculation of euphotic zone depth (ZEU) by multiplying
with a standardized factor (2.5 × Secchi depth) for the Mediterranean geographical re-
gion [15]. The biological and chemical water samples were collected using the vertical
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sampler (Hydro-Bios Apparatebau Gmbh, Altenholz, Germany). For the morphological
analysis of phytoplankton, discrete samples were taken at 5 m depth intervals (from the
surface to the bottom) together with the composite samples taken from the euphotic zone
on all stations. With respect to the euphotic zone depth, the discrete samples were divided
into those from the euphotic and those from the aphotic zones, and means were calculated
for each station, which were used in all further analyses. Grouping of discrete samples
into euphotic zone and aphotic zone sets was also applied to spatially compare the phyto-
plankton community across sampling stations in Lake Visovac. For the DNA analysis of
phytoplankton, composite and aphotic zone samples were taken at all stations.

 

Figure 1. Sampling stations on Lake Visovac during August 2018.

Composite samples for chemical analysis of water were collected together with the
phytoplankton samples and stored at −20 ◦C until laboratory processing. Chemical analysis
included quantification of nitrate (NO3

−-N), nitrite (NO2
−-N), ammonium (NH4

+-N), total
nitrogen (TN-N), orto-phosphate (PO4

3−-P), total silica (SiO2), total inorganic carbon (TIC),
dissolved inorganic carbon (DIC), total organic carbon (TOC), dissolved organic carbon
(DOC) and bicarbonates (HCO3

−) using standardized methods [16].
Phytoplankton samples were placed into 250 mL volume plastic bottles, preserved

with formaldehyde solution (2%) on the field and stored in the dark at 4 ◦C. Phytoplankton
biomass was determined according to the Utermöhl method [17] using a Zeiss AxioVert in-
verted microscope equipped with an AxioCam MRc camera (Carl Zeiss AG, Jena, Germany).
Taxa identification was performed using relevant literature [18–24] and names were as-
signed according to Algaebase [25]. Images of species were processed using the program
AxioVision LE 4.8 (Carl Zeiss AG, Jena, Germany). The species were allocated into appro-
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priate functional groups (FGs or coda) following the relevant literature [5,26]. All sampling
and analytical procedures were performed according to following standards: HRN EN ISO
5667-3:2018, HRN EN 15204:2008, HRN EN 16695:2015 [27–29].

2.3. DNA Isolation

Samples for DNA extraction were filtered on Nucleopore track-etched polycarbon-
ate membrane filters (47 mm diameter, 0.2 μm pore size; Whatman International Ltd.,
Maidstone, UK) in a volume of approximately 300 to 400 mL, depending on the suspended
particles in the sampled water. After filtration, the filters were stored at −20 ◦C until further
processing. Filters were cut into smaller pieces for DNA extraction using the DNeasy Pow-
erWater Kit (Qiagen, Hilden, Germany). The manufacturer’s instructions were followed for
isolation, with a minor change in the final step, where 60 μL of sterile DNA-free PCR-grade
water was added instead of Qiagen’s C6 Solution. The quality of extracted DNA was
assessed with a NanoDrop spectrophotometer (BioSpec—nano, Shimadzu Corporation,
Kyoto, Japan).

2.4. PCR and Bioinformatic Processing

The hypervariable V9-region of the SSU rRNA gene (ca. 130 bp) was amplified using the
universal eukaryotic primer pair according to the protocol of Stoeck et al. [30]. The primers used
were 1391F (5′-GTACACACCGCCCGTC-3′) and EukB (5′-TGATCCTTCTGCAGGTTCACCTAC-
3′), designed by Amaral-Zettler et al. [31]. The Polymerase chain reactions (PCR) program
included the initial step at 98 ◦C for 30 s, 30 cycles of 94 ◦C for 30 s, 57 ◦C for 45 s and 72 ◦C
for 30 s, with the final elongation step at 72 ◦C for 5 min [32]. PCR products were assessed
by visualizing on a 1% agarose gel. Sequencing libraries were prepared using the NEB
Next® Ultra™ DNA Library Prep Kit for Illumina (NEB, USA). Libraries were sequenced
on an Illumina MiSeq platform, generating 250-bp paired-end reads (SeqIT GmbH & Co.
KG, Kaiserslautern, Germany).

The raw Illumina reads for the V9-region were demultiplexed using Cutadapt v3.0 [33],
removing the barcodes in the 5′ to 3′ combination. Subsequently, the quality of the de-
multiplexed raw sequencing was checked using the FastQC tool [34]. After the initial
steps, reads were processed using the QIIME2-2020.11 pipeline using the following steps:
importing and demultiplexing raw sequencing data, then quality filtering and denoising
using the DADA2 plugin [35] for correcting Illumina sequencing amplicon errors. Reads
were trimmed at 5′ end for 20 bp (primer removal) and truncated to 185 nucleotides to
remove the last, poor-quality nucleotides. Taxonomic assignment of the resulting am-
plicon sequencing variants (ASVs) was performed using the Naïve Bayes classifier. The
Naïve Bayes classifier was pretrained on the Protist Ribosomal Reference (PR2) database
v.4.14.0 [36] with a 99% OTU identity threshold. Metazoa sequences were filtered out from
the dataset by using taxa filtering. A phylogenetic tree was created from the filtered taxa
tables to support the phylogenetic diversity metrics used in the q2-diversity plugin. The
raw sequence reads are deposited in the European Nucleotide Archive (ENA) under the
project number PRJEB60049.

Ochrophyta, Dinoflagellata, Cryptophyta and Fungi accounted for the majority of
eukaryote reads (Figure S1), and unassigned eukaryotes were excluded from graphical
presentation. Only ASVs taxonomically assigned to the phytoplankton community were
filtered from the main data and used for all further statistical analyses.

2.5. Statistical Analyses

All statistical multivariate analyses were carried out in PRIMER v7 for Windows
(Primer-E Ltd., Plymouth, UK). Principal Component Analysis (PCA) was performed to
outline and visualize the relationships between environmental variables. One-way analysis
of similarity (ANOSIM) was used to test significant differences between composite and
discrete samples and determine if composite samples can be used as a relevant substitute
for discrete sampling in the characterization of phytoplankton communities in the euphotic
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zone. Non-metric Multidimensional Scaling (NMDS) was carried out to determine the
spatial patterns in the phytoplankton community structure with respect to the sampling
stations. Prior to all analyses, the data were normalized using log-transformation. Graphical
charts were created in Microsoft Excel for Microsoft 365 (Microsoft Corporation, Redmond,
WA, USA). The map of the study area was created using the Free and Open Source QGIS
3.16 software [37].

3. Results

3.1. Physical and Chemical Parameters

The environmental variables of water measured on nine sampling stations for com-
posite samples are presented in Table 1. Secchi depth ranged from 2.5 m (station V2) to
5 m (station V9). Stations with the highest maximum depths were V7 and V9 (24 m and
23 m, respectively). The shallowest station was V10 (5 m) with the euphotic zone extending
along the entire water column. The temperature of water ranged from 20.6 ◦C on station
V7 to 26.2 ◦C on station V10. The lowest O2 concentration was recorded on station V4
(9.03 mg L−1) and the highest on station V1 (11.68 mg L−1). Oxygen saturation was in
the range from 102.6% (station V4) to 138% (station V1). The lowest pH was recorded on
station V7 (7.75), whilst the highest was on station V1 (8). The electrical conductivity of
water ranged from 494 μS cm−1 on station V10 to 562 μS cm−1 on station V6 (Table 1).

Table 1. Environmental variables on 9 sampling stations (V1 to V10, excluding station V8) for
composite samples.

Station
Max Depth

(m)
SD *
(m)

ZEU *
(m)

T *
(◦C)

O2 *
(mg L−1)

O2

(%)*
pH

EC *
(μS cm−1)

V1 15.2 3.0 7.5 23.8 11.68 138.0 8.00 545
V2 18.0 2.5 6.25 23.3 11.03 129.8 7.99 547
V3 18.0 3.0 7.5 22.0 10.00 115.0 7.84 556
V4 15.5 4.0 10.0 21.5 9.03 102.6 7.79 559
V5 18.0 3.5 8.75 22.1 9.79 113.0 7.94 559
V6 15.0 3.5 8.75 21.7 9.09 103.3 7.77 562
V7 24.0 3.5 8.75 20.6 11.14 124.5 7.75 545
V9 23.0 5.0 12.5 25.9 10.18 125.6 7.84 505
V10 5.0 4.5 5.0 26.2 9.97 123.5 7.98 494

Note: * SD—Secchi depth, ZEU—euphotic zone depth, T—temperature, O2—oxygen concentration, O2 (%)—oxygen
saturation, EC—electrical conductivity.

The environmental variables of water measured from discrete-depth samples in the eu-
photic and aphotic zone on nine sampling stations are presented in Table S1. The minimum
value of water temperature in the euphotic zone was 22.4 ◦C, measured on station V2, and
the maximum was 26.4 ◦C on station V10. The lowest concentration of O2 was recorded
on station V10 (10.13 mg L−1), whilst the highest concentration and saturation of O2 in
the euphotic zone were measured on station V7 (12.28 mg L−1 and 147.5%, respectively).
The lowest saturation of O2 was observed on station V5 (80.1%). The lowest pH (7.88)
was recorded on station V2, whilst the highest (8.20) was on station V5. The electrical
conductivity of water in the euphotic zone ranged from a minimum of 495 μS cm−1 on
station V10 to a maximum of 562 μS cm−1 on station V2. In the aphotic zone, water
temperature varied from 16.5 ◦C to 20.8 ◦C (stations V7 and V1, respectively). The lowest
concentration and saturation of O2 were recorded on station V9 (2.91 mg L−1 and 27.4%,
respectively) and the highest on station V1 (9.60 mg L−1 and 108.2%, respectively). Value
of pH in the aphotic zone ranged from 7.05 to 7.80 (stations V4 and V5, respectively), whilst
electrical conductivity of water varied from 517 μS cm−1 to 587 μS cm−1 (stations V9 and
V1, respectively).

Chemical parameters of water are presented in Table S2. The concentration of NO3
−-N

was very low on most stations (<0.1 mg L−1), with slightly higher values on stations V4
(0.7 mg L−1) and V5 (0.3 mg L−1). Very low concentrations of NO2

−-N and NH4
+-N were

10



Water 2023, 15, 1379

recorded on all stations (<0.001 mg L−1 and <0.01 mg L−1, respectively). The concentration
of PO4

3−-P varied from the lowest measured on six stations in total (<0.01 mg L−1) to the
highest measured on station V9 (0.6 mg L−1). The values of SiO2 ranged from the lowest on
station V9 (1.5 mg L−1) to the highest on station V6 (4.5 mg L−1). The highest concentration
of TN was measured on stations V4 and V5 (1 mg L−1), while it was very low on the other
eight stations (<1 mg L−1). The lowest concentrations of inorganic carbon compounds were
detected on station V3 (TIC and DIC of 11.48 mg L−1 and 10.32 mg L−1, respectively), while
the highest was present on station V7 (TIC and DIC of 13.98 mg L−1 and 13.83 mg L−1,
respectively). TOC was in the range between 1.55 mg L−1 (station V3) and 2.39 mg L−1

(station V7). The values of DOC ranged from 0.80 mg L−1 (V2) to 2.37 mg L−1 (V1), whilst
HCO3

− ranged from 151 mg L−1 (V4) to 212 mg L−1 (V7).
Principal component analysis (PCA) performed for the 14 environmental variables

explained 59% of the total variance on the first two PC axes (Table S3). NO2
−-N and

NH4
+-N were excluded from PCA because their concentrations did not vary across the

stations. The most important parameters for PCA axis 1 were temperature, DIC and
electrical conductivity (intra-set correlations: 0.433, −0.361 and −0.338, respectively).
Regarding axis 2, O2 concentration, nitrate and TOC were the variables with the most
weight for ordination (intra-set correlations: −0.464, 0.369 and −0.368, respectively). PCA
arranged samples (Figure 2) into four groups: the first group consisted of samples from
the central stations (V3, V4, V5, V6) and the upper station sample V2, whilst the second
group included samples from the lower part of the Lake (V9 and V10). Sample V1 from the
uppermost part and sample V7 taken from the lower part of the Lake were singled out.

Figure 2. Principal Component Analysis (PCA) ordination diagram performed on the environ-
mental variables and sampling stations (V1 to V10, excluding station V8) in Lake Visovac during
August 2018. O2—oxygen concentration, O2%—oxygen saturation, T—temperature, SD—Secchi
depth, EC—electrical conductivity, NO3

−-N—nitrate, PO4
3−-P—ortophosphate, SiO2—total sil-

ica, TIC—total inorganic carbon, DIC—dissolved inorganic carbon, TOC—total organic carbon,
DOC—dissolved organic carbon, HCO3

−—bicarbonates.
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3.2. Characterization of Phytoplankton Community According to Morphological Approach

Based on the morphological approach, a total of 51 phytoplankton taxa were found
during the research period. Identified taxa belonged to eight major groups: Chlorophyta
(23), Bacillariophyta (8), Ochrophyta (7), Cyanobacteria (4), Charophyta (4), Cryptophyta
(2), Miozoa (2), Euglenozoa (1). In total, six taxa contributed more than 5% of the to-
tal biomass. The main descriptive phytoplankton species was dinoflagellate Ceratium
hirundinella (O.F. Müller) Dujardin, followed by centric diatom Pantocsekiella ocellata (Pan-
tocsek) K.T. Kiss & E. Ács, cryptophytes Cryptomonas sp. and Plagioselmis nannoplanctica
(H. Skuja) G. Novarino, I.A.N. Lucas & S. Morrall, chlorophyte Tetraselmis cordiformis (N.
Carter) Stein, and dinoflagellate Parvodinium inconspicuum (Lemmermann) Carty (Table S4).

In terms of biomass share, the most dominant group in the composite samples on
stations V1 and V2 (Figure 3) was Miozoa (54% and 48%, respectively), followed by Chloro-
phyta (24% and 29%, respectively) and Cryptophyta (14% and 12%, respectively). A
corresponding situation regarding the phytoplankton assemblage was observed in the
euphotic zone samples on the same stations, with a slight difference in shares of major
taxonomic groups. Cryptophyta emerged as a dominant group (41%) in the composite
sample on station V3, whilst Bacillariophyta and Miozoa were subdominant (25% and 18%,
respectively). Conversely, the euphotic zone samples on station V3 were dominated by
Miozoa (33%), followed by Bacillariophyta and Cryptophyta (26% and 18%, respectively).
Phytoplankton community in the composite sample on station V4, situated close to the
littoral zone in the central part of Lake Visovac, was characterized by the dominance of
Miozoa with 68% of the total phytoplankton biomass, followed by subdominant groups
Bacillariophyta (13%) and Chlorophyta (13%). The most dominant group in the euphotic
zone samples on station V4 was Bacillariophyta (30%), accompanied by the subdominant
groups Chlorophyta and Cryptophyta (28% and 23%, respectively). Cryptophyta and
Bacillariophyta were the main groups characterizing the community in both composite and
euphotic zone samples on station V5, positioned in the limnetic zone of the central part
of the Lake (36% and 34%; 27% and 29%, respectively). Miozoa was the most dominant
group on station V6 in both composite and euphotic zone samples (46% and 43%, respec-
tively), with Bacillariophyta and Cryptophyta as subdominant groups. Bacillariophyta
dominated in the composite sample on station V7, followed by Cryptophyta (44% and
30%, respectively), whilst Miozoa dominated the assemblage (50%) in the euphotic zone
sample. Station V9, placed in the lower part of the Lake, was characterized by a complete
dominance of Miozoa in the composite sample, reaching 80% of the total phytoplankton
biomass, whilst in the euphotic zone sample, this share was 49%. Cryptophyta appeared as
a dominant group in the composite sample on station V10 (46%). However, in the euphotic
zone on the same station, Miozoa outnumbered Cryptophyta in their biomass share (36%
and 30%, respectively).

Regarding the aphotic zone samples, stations V1 and V3 were co-dominated by
Chlorophyta and Miozoa (39% and 34%; 41% and 43%, respectively). Chlorophyta was also
a dominant group on station V2, followed by Miozoa (50% and 29%, respectively). In the
aphotic zone samples on stations V4, V5 and V7, the domination of Miozoa was observed
(61%, 57% and 64%, respectively). The aphotic zone on station V6 was characterized by
Cryptophyta and Miozoa (30% and 28%, respectively), whilst on station V9, Chlorophyta
took over domination (51%). Ochrophyta were present in all samples in the range from 1%
(composite sample on station V6) to 11% (composite sample on station V10). There was no
aphotic zone on station V10 due to the shallow maximum depth of 5 m (see Table 1).

The descriptive Reynolds’ functional groups on upper stations V1 and V2 were Lo and
X2 in both composite and euphotic zone samples (Figure 4). The composite and euphotic
zone samples on station V3 were characterized by functional group X2 with the highest
biomass share (50% and 37%, respectively), followed by associations C and Lo (25% and
18%; 26% and 33%, respectively). Functional group Lo dominated the assemblage in the
composite sample on station V4, with 68% of the total phytoplankton biomass, whereas
associations C and X2 were both contributing with 12% to the total phytoplankton biomass.
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Meanwhile, the functional group X2 dominated the assemblage (51%), with coda C and Lo

being subdominant (30% and 15%, respectively) in the euphotic zone samples on station
V4. The functional group X2 was dominant, whilst codon C appeared as subdominant in
both composite and euphotic zone samples on station V5. Group Lo again became the most
dominant in both samples on station V6, followed by coda X2 and C. Codon C prevailed
in the composite sample on station V7, together with association X2 (43% and 39% of the
total phytoplankton biomass, respectively), whilst in the euphotic zone samples, codon
Lo gained dominance (50%). Codon Lo dominated the assemblage with 80% of the total
phytoplankton biomass in the composite sample on station V9, as was also the case in the
euphotic zone samples, although with a lower share (49%). The descriptive functional
group in the composite sample on station V10 was X2 (57% of the total phytoplankton
biomass), whereas in the euphotic zones sample, it co-dominated with codon Lo. Species
belonging to codon E (genus Dinobryon) were present in a very low biomass share on every
station, except for the somewhat higher shares noted in the composite sample on station
V10 and the euphotic zone sample on station V9 (11% and 9%, respectively).

Figure 3. Relative biomass of phytoplankton taxonomic groups (expressed in percentages) in the com-
posite (C), euphotic (EU) and aphotic (NONEU) zone samples from the sampling stations (V1 to V10,
excluding station V8) in Lake Visovac during August 2018 according to the morphological approach.

In the aphotic zone samples, stations V1, V2 and V6 were dominated by codon X2

(51%, 64% and 45% of the total phytoplankton biomass, respectively), followed by codon
Lo (34%, 29% and 28%, respectively). Functional groups X2 and Lo co-dominated the
phytoplankton assemblage in the aphotic zone on station V3 (47% and 43%, respectively).
On stations V4, V5 and V7 the descriptive codon was Lo (61%, 57% and 64%, respectively),
followed by codon X2 (33%, 37% and 28%, respectively). Functional group X2 clearly
dominated the assemblage on station V9 (77% of the total phytoplankton biomass).

The NMDS analysis of phytoplankton taxonomic composition according to the mor-
phological approach (Figure 5) indicated segregation of almost all discrete-depth samples
into two separate groups, the first one comprising the euphotic zone and the second
one including the aphotic zone. The samples from station V10 were all counted into
the euphotic zone.

Considering the horizontal distribution, NMDS analysis of the composite samples
showed grouping of samples from limnetic and littoral stations (Figure 6). Cryptomonas sp.
and P. ocellata dominated on central limnetic stations V3 and V5. Stations from the littoral
zone were clustered into two distinct groups as follows: the first group, dominated by
C. hirundinella (stations V1, V2, V4, V6, V9), and the second group, dominated by P. ocellata
(station V7) and Cryptomonas sp. (station V10).
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Figure 4. Relative biomass shares of Reynolds’ functional groups (expressed in percentages) in
the composite (C), euphotic (EU) and aphotic (NONEU) zone samples from the sampling sta-
tions (V1 to V10, excluding station V8) in Lake Visovac during August 2018 according to the
morphological approach.

Figure 5. Non-metric multidimensional scaling (NMDS) ordination based on the Bray–Curtis sim-
ilarity distance in the taxonomic composition of phytoplankton community on sampling stations
(V1 to V10, excluding station V8) in Lake Visovac during August 2018 according to morphological
approach. 1-EU-euphotic zone samples, 2-NONEU- aphotic zone samples.
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>= 

Figure 6. Non-metric multidimensional scaling (NMDS) ordination based on Bray–Curtis similarity
distance in the taxonomic composition of phytoplankton community of composite samples on
sampling stations (V1 to V10, excluding station V8) in Lake Visovac during August 2018 according to
the morphological approach.

The results of one-way ANOSIM pairwise tests (Table 2) have demonstrated significant
differences when comparing composite samples vs. aphotic zone samples (p = 0.042),
and euphotic vs. aphotic zone samples (p = 0.006). On the other hand, the negative R
statistic close to zero and the high significance level indicated very low differences between
composite samples and euphotic zone samples.

Table 2. One-way analysis of similarity (ANOSIM) between the composite (C), euphotic (EU) and
aphotic (NONEU) zone samples in Lake Visovac. Statistically significant values are marked in bold.

Pairwise Tests

Comparison of
Samples

R Statistic
Significance

Level (p)
Possible

Permutations
Actual

Permutations
Number >=
Observed

C vs. EU −0.023 0.548 24310 999 547
C vs. NONEU 0.168 0.042 24310 999 41
EU vs. NONEU 0.391 0.006 24310 999 5

3.3. Characterization of Phytoplankton Community According to Molecular Approach

ANOSIM pairwise testing (Table 2) confirmed that the composite samples can be
used as representative of the phytoplankton community in Lake Visovac and further
characterized by molecular analyses. Correspondingly, eDNA metabarcoding analyses
were performed on composite and aphotic zone samples. A total of 1,010,539 quality reads
were yielded in 19 samples for eukaryotes, featuring 7140 ASVs at the 99% similarity level.
After the Metazoan sequences were filtered out, a total of 902,798 quality reads with 7002
ASVs were found. The mean frequency per sample was 47,515 (min. 9779; max. 108,716).
Only 97 ASVs corresponded to algal community with a total of 150,005 quality reads
(Table S5).

Based on the sum of the relative abundance of the family ranks determined using the
molecular approach, the taxonomically unassigned phytoplankton ASVs were found to
have the highest relative abundance in all recorded composite and aphotic zone samples,
with approximately 50% recorded in composite sample V7 (Figure 7). The four most abun-
dant family ranks were polar centric diatoms (Mediophyceae), cryptophyta (Cryptomon-
adales), chrysophytes (Chrysophyceae_X), and dinoflagellates (Peridiniales). Interestingly,
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the two most abundant family ranks had the highest relative abundance in aphotic zone
samples: 38% in V6 for Mediophyceae and 58% in V9 for Cryptomonadales. Furthermore,
two other most abundant family ranks had the highest relative abundance in composite
samples in V2 (31%) for Chrysophyceae_X and in V10 (67%) for Peridiniales. The families
with total relative abundance between 65% and 20% in all samples were: Chlorodendrales,
Suessisales, Pyrenomonadales, Katablepharidales, Cryptophyceae_X, Dictyochophyceae_X
and Pseudodendromonadales. Of these family ranks, four had the highest relative abun-
dance in the composite samples as follows: Suessisales (V1), Dictyochophyceae_X (V4),
Catablepharidales (V6), and Pseudodendromonadales (V9). In contrast, Cryptophyceae_X
(V2), Chlorodendrales (V3), and Pyrenomonadales (V7) had the highest relative abundance
in the aphotic zone samples, while their relative abundance in the composite samples was
about or less than 1%. The total relative abundance of the two family ranks corresponding
to the Sphaeropleales and Synurales was less than 20% in all samples, but their abundance
was highest in the aphotic zone samples (V3 for Sphaeropleales and V4 for Synurales).
Perkinsida_X, Chrysochromulinaceae and Bicoecales corresponded to families with a total
relative abundance in all samples equaling less than 10%. Families with a proportion of
less than 1% were Gymnodiniaceae, Dolichomastigales, Cyanidiales, Charophyceae_X,
Chlorellales, Distigmidae, Euglenophyceae, Petalomonadida, Choanoflagellida_X, Nucle-
ariida, Araphid-pennate, Bacillariophyta_X, Raphid-pennate, Eustigmatophyceae_X and
Xanthophyceae_X.

Figure 7. Relative abundance shares of phytoplankton family ranks (expressed in percentages) in
the composite (C) and aphotic zone (NONEU) samples of sampling stations (V1 to V10, excluding
station V8) in Lake Visovac during August 2018 according to the molecular (eDNA) approach.

The descriptive functional groups in the eDNA composite sample of station V1 were
Lo (47%) and C (30%) (Figure 8). In the composite eDNA sample of station V2, the dominant
association was group C (with 34%), whereas coda X3, X2 and Lo were subdominant (with
29%, 18% and 13%, respectively). Functional groups C and Lo dominated the assemblage
on station V3 (37% and 34%, respectively), whilst X3 and X2 were subdominant (14% and
10%, respectively). Codon X3 and X2 emerged as dominant on the station V4 (45% and
34%, respectively), whilst codon C appeared as a subdominant (11%). Functional groups
C and X2 were the most dominant on stations V5 (34% and 32%, respectively) and V6
(33% and 32%, respectively), whilst codon X3, Lo and J were subdominant. Functional
group X3 dominated the assemblage again on station V7 (53%), followed by functional
groups X2, C and Lo (16%, 15% and 7%, respectively). Codon X2, X3 and Lo prevailed on
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station V9 (with 31%, 26% and 21%, respectively). At station V10, codon Lo showed clear
dominance (73%).

Figure 8. Relative biomass shares of Reynolds’ functional groups (expressed in percentages) in the
eDNA composite (C) and aphotic zone (NONEU) samples of sampling stations (V1 to V10, excluding
station V8) in Lake Visovac during August 2018.

Regarding the eDNA aphotic zone samples, functional group X2 prevailed with over
50% of total phytoplankton biomass on the majority of studied stations (V3 with 74%, V4
with 62%, V5 with 52%, V7 with 72%, and V9 with 68%). Station V1 was characterized
by the dominance of codon C (36%) with coda Lo and X2 as subdominant (27% and 22%,
respectively), whilst coda X2 and C had the highest biomass share on station V2 (38% and
30%, respectively). Aphotic zone samples from station V6 were characterized by functional
groups C, X2 and X3 (38%, 25% and 23%, respectively).

NMDS analysis of phytoplankton eDNA metabarcoding has disclosed two groups,
the first one including composite samples and the second one comprising aphotic zone
samples (Figure 9).

Figure 9. Non-metric multidimensional scaling (NMDS) ordination based on Bray–Curtis similarity
distance in the taxonomic composition of phytoplankton community on sampling stations (V1 to
V9, excluding station V8) in Lake Visovac during August 2018 according to the molecular eDNA
approach. 1-C- composite samples, 2-NONEU-aphotic zone samples.
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3.4. Morphological and Molecular Diversity of Phytoplankton in Lake Visovac

The highest number of phytoplankton taxa in the composite samples based on the
morphological approach (Figure 10a) was detected on station V10 (26) and the lowest on
station V1 (16). The Margalef Richness Index in the composite samples ranged from 0.99 on
station V1 to 1.79 on station V10 (Figure 10b). Pielou’s Evenness Index (Figure 10c) in the
composite samples varied between 0.39 (station V4) and 0.78 (station V9). Concordantly,
the lowest Shannon–Wiener Diversity Index value (Figure 10d) was present on station V4
(1.22), while the highest was on station V9 (2.38).

Figure 10. Phytoplankton diversity: (a) Total number of phytoplankton ASVs and taxa, (b) Margalef
Richness Index (d), (c) Pielou’s Evenness Index (J’), and (d) Shannon–Wiener Diversity Index (H’) for
eDNA (blue line) and morphological composite samples (red line) on sampling stations (V1 to V10,
excluding station V8) in Lake Visovac during August 2018.

The highest number of phytoplankton ASVs provided by eDNA metabarcoding in
the composite samples (Figure 10a) was detected on station V10 (49), whilst the lowest
on station V6 (15). The lowest Margalef Richness Index in the eDNA composite samples
(Figure 10b) was obtained on station V6 (2.04), whilst the highest taxa richness was recorded
on station V10 (4.76). Results obtained by eDNA metabarcoding showed higher values
for both indices compared to morphological approach data, with the exception of station
V6. Pielou’s Evenness Index in the eDNA composite samples (Figure 10c) varied between
0.41 (station V10) and 0.82 (station V6). Compared to morphological composite samples,
Pielou’s Index was higher in the eDNA composite samples on stations V2, V4, V6, V8
and V9 but lower on stations V1, V3, V7 and V10. The Shannon–Wiener Diversity Index
(Figure 10d) for eDNA composite samples varied between 1.61 (station V10) and 2.86
(station V9), and provided higher values than morphological approach data, except for
station V10.

The total number of taxonomically assigned ASVs detected by the molecular approach
was two times higher than the number of taxa revealed by traditional morphological
identification using microscopy. Considering the results on each station, the number of
ASVs was higher than taxa number on every station except for station V6, which proved to
be an outlier just as for morphological samples. The Margalef Richness Index was higher
in all eDNA samples compared to morphological samples. Pielou’s Evenness index was
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lower in the eDNA samples on stations V1 and V3 (about 40% of not assigned ASVs and
high share domination of Polar centric Mediophyceae), V7 (about 60% of unassigned ASVs)
and V10 (clear domination of Peridiniaceae). Results obtained by the eDNA metabarcoding
showed higher Shannon–Wiener Diversity Index values, except for station V10 due to the
explicit prevalence of Peridiniaceae.

According to the morphological approach, the phytoplankton community was char-
acterized by dinoflagellate taxa (Miozoa) belonging to functional group Lo, followed by
cryptophyte and chlorophyte taxa (mainly Cryptomonas sp. and Tetraselmis cordiformis,
respectively) from codon X2 (Figure 4, Table S4). A higher share of centric diatom Pantoc-
sekiella ocellata (Bacillariophyta) assorted into codon C was apparent on central stations
(V3–V6) and station V7. Mixotrophic genus Dinobryon (Ochrophyta) from codon E was
present across all stations in a small share. According to eDNA metabarcoding approach,
members of the family Cryptomonadales belonging to functional group X2 had the highest
phytoplankton biomass share on central stations (V3-V6), whilst coda Lo (Peridiniales), C

(Polar centric Mediophyceae) and X3 (Chrysophyceae_X) appeared either as dominant or
with a high biomass share on other stations (Figures 7 and 8).

4. Discussion

Comparison of identified taxa according to morphological approach indicated a high
level of similarity between composite samples and euphotic zone samples in the karst Lake
Visovac. A similar number of recorded species was found in both types of samples as
well as similar descriptive taxa. Especially, a higher level of similarity in both euphotic
zone samples and composite samples was found for the following taxa: C. hirundinella,
Cryptomonas sp. and P. ocellata. The high level of similarity was further supported by
the ANOSIM analysis, which indicated that euphotic zone samples can be reliably ex-
changed by composite samples to provide an accurate characterization of phytoplankton
communities in the euphotic zone. Moreover, apart from some mismatches in samples
from stations V4 and V7, in particular codon Lo, which consequently affected other relative
biomass shares, the results on the phytoplankton community from composite samples and
euphotic zone samples were mainly congruent. Gaps in shares of phytoplankton coda
can be explained due to deviations in biomass when determining species with a large
biovolume value, i.e., a difference of just one or two found cells in the observed sample
can influence the results [38]. Nevertheless, the composite sampling of phytoplankton
can be used as an optimal sampling approach in Lake Visovac during regular monitoring.
Lake phytoplankton communities depend on factors such as nutrient availability, light and
temperature, as well as hydrological conditions [39], all of which condition a predictably
lower phytoplankton biomass in the aphotic zone of Lake Visovac than in the euphotic zone.
Moreover, a significantly lower oxygen concentration (<5 mg L−1) was measured on several
stations (V3, V5 and V9) in the aphotic zone of Lake Visovac indicating hypoxic conditions.
As for the horizontal distribution, the similarity within the phytoplankton community was
more evident with respect to the sampling microlocation than to the sampling station, thus
resulting in a strong separation between limnetic and littoral zone (the nearshore environ-
ment) samples in Lake Visovac. The relative predominance of centric diatoms in both the
limnetic and littoral zones may be associated with their capability to resuspend from the
bottom due to short retention time, fast water flow, and a relatively deep mixing depth,
which can prevent centrics from sinking to the hypolimnion and allow them to dominate
in the water column [40]. On the other hand, the flagella-bearing Cryptomonas sp. and
Ceratium hirundinella can actively swim in the water column to obtain sufficient amounts
of light and nutrients [41,42]. The segregation of littoral samples could be attributed to
several biotic factors, such as the impact of macrophytic vegetation on development of
phytoplankton, grazing by zooplankton, and interspecific competition, and abiotic factors
such as variations in water chemistry and differences in nutrient availability [43,44].

The phytoplankton functional groups are based on ecological sensitivities and toler-
ances of taxa [5,26], so their main advantage over traditional taxonomic division is the
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possibility of generalizing the results [45]. Moreover, they can also be successfully in-
tegrated in ecological assessments where eDNA metabarcoding datasets are present [8].
The euphotic and aphotic zones were both dominated by a large mixotrophic swimming
dinoflagellate C. hirundinella, known to build up higher biomass during the summer strati-
fication period [46,47]. The flagellar motility enables cells to vertically migrate throughout
the water column, thus facilitating effective exploitation of nutrients and boosting pho-
tosynthesis [26,48,49]. This conclusively allows them to dominate in thermally stratified
mesotrophic lakes during the summer period [5]. Besides C. hirundinella, dinoflagellate
Parvodinium inconspicuum was also a descriptive representative of Lo, a functional group
characteristic of the summer epilimnion of mesotrophic lakes and tolerant of nutrient
deficiency [5,26]. Dominance of the Ceratium species has risen significantly with warming
caused by climate change [50]. The mixotrophic nutrition strategy is widespread and
often dominant in freshwater ecosystems [51,52], enabling phytoplankton to be capable
of bacterivory in nutrient-depleted conditions [53,54]. Different mixotrophic species may
vary in their ability to regulate the shift between autotrophic and heterotrophic lifestyles,
with regards to the changes in the environment, which might cause differences in their
temperature response [55]. Changes in the functional role of mixotrophs from primary
producers to consumers may cascade through food webs, altering species interactions, as
well as the magnitude and direction of the carbon flux [55].

Among other descriptive taxa, larger abundance of cryptophyte Cryptomonas sp. was
observed on all stations, whilst centric diatom Pantocsekiella ocellata showed higher abun-
dance on all central stations and lower station V7. Cryptomonas sp. belongs to functional
group X2, together with another cryptophyte species Plagioselmis nannoplanctica and chloro-
phyte Tetraselmis cordiformis [5]. The representatives of codon X2 are acknowledged as
meso-eutrophic indicators [5] and exhibit a wide range of tolerance to changes in ecological
conditions in Lake Visovac [56]. P. ocellata is sorted into codon C, adaptated to high lake
stability [57] and low light availability [5,58], and known to dominate in the mesotrophic
ecosystems [59]. P. ocellata was confirmed to be one of the key descriptors of the phytoplank-
ton community in previous investigations on Lake Visovac [8,46,47,56]. Chrysomonads
of the mixotrophic genus Dinobryon from codon E were present in lower shares across all
stations, and usually denote small, shallow, base-poor lakes or heterotrophic ponds [5,26].

The comparability of traditional light microscopy and eDNA metabarcoding approach
is evident in the designation of centric diatoms, dinoflagellates and cryptophytes as de-
scriptive taxa of Lake Visovac. Although dinoflagellate Ceratium hirundinella, diatom
Pantocsekiella ocellata and cryptophytes Cryptomonas sp. and Plagioselmis nannoplanctica were
identified to the species level by using traditional microscopy, the eDNA metabarcoding
method designated the higher ranks of Polar centric Mediophyceae, Cryptomonadales and
Peridiniales as the most dominant algal groups. The possible reason that the descriptive
taxa were identified only by microsocpy and not by eDNA to the species level is that taxo-
nomic assignments of short amplicon reads to the species level are still problematic because
too many species are missing from the reference database [30,31]. For this reason, eDNA
analyses of eukaryotic phytoplankton diversity were based at the family level, because
metabarcoding at the V9-region of SSU rRNA genes allows correct identification from the
genus to the higher taxonomic level, as recognized in previous studies [30,60]. Although
there are several more specific primers for detecting diversity of diatoms, such as ribosomal
(rbcL) genes [61,62], the small universal hypervariable V9-region of the 18S rRNA gene
was chosen in this study because it provides a comprehensive overview of the community
and has the ability to capture assemblages of photosynthetic organisms, especially when
dealing with phytoplankton consisting of many different algal groups [8,30]. On the other
hand, according to the relative abundance, there were a lot of taxonomically unassigned
ASVs in the whole molecular dataset. First, the reason for this gap might be the choice of
primers, as mentioned above, since they are crucial for species recognition [10]. Second,
the method of sampling may also affect the results, as eDNA samples require different
volumes of water to be filtered. In this case, water volumes were lower than usual to reduce
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potential PCR inhibitors from filtering larger volumes of water, but this could potentially
limit detection of all taxa present in represented samples [10,63].

When comparing the results of the phytoplankton community defined by functional
classification, both approaches proved reliable in detecting functional groups (Lo, C, X2,
X3) with similar ecological demands and were congruent with previous studies [8]. Dif-
ferences between the approaches can be attributed to the ability to distinguish indistinct
morphological characteristics, as the existence of cryptic species, pico- and concealed phy-
toplankton can be difficult to ascertain from morphological analyses [7]. In addition, the
most frequent coda were used in the assigning of class and family ranks into functional
groups, which could also affect the results. The above mentioned could explain a higher
share of functional group X3 to which the family rank Chrysophyceae_X was assigned in
the molecular approach.

As for alpha diversity, in most cases, the eDNA metabarcoding results provided higher
values than the morphological approach for all indices, except for Pielou’s Index which
has shown contrasting results for all samples. This may be related to the occurrence of
similar morphological features between microscopically recorded species, which may lead
to difficulties in species discrimination [8,64]. In addition, certain small phytoplankton
can be easily detected by eDNA metabarcoding, whereas they are usually missed by
light microscopy, which may affect species diversity [65,66]. Several previous studies also
reported that V9-region has potential for broader recognition spectrum when obtaining
results for Shannon diversity [67,68]. On the other hand, there was a discrepancy in
the Pielou index, which showed very low values mostly for eDNA samples, which was
due to a clear dominance of Polar centric Mediophyceae and Peridiniales [67]. Although
the total number of taxonomically assigned ASVs identified by the molecular approach
was two times higher than the number of taxa identified by traditional morphological
identification, these results should be viewed with caution, especially for those ASVs that
could not be taxonomically assigned, as they do not reflect the same percentage or number
of unidentified taxa [12]. There is still a problem in translating abundance from sequence
data to biological abundance because the rDNA copy number varies among taxa. Therefore,
caution should always be used when interpreting the most abundant taxa detected by
amplicon sequences, because the sequences of Alveolata (dinoflagellates) show variation
in rDNA copy numbers [69]. However, in this study the eDNA results were compared, and
to some extent confirmed and verified with the results of the morphological approach.

Non-metric multidimensional scaling (NMDS) analysis demonstrated the correspond-
ing grouping of samples in both morphological and molecular approaches. Similarly
comparable results between molecular and morphological approaches using beta diver-
sity were also confirmed in several recent studies [70–72]. The results of NMDS anal-
ysis indicated a significant dissimilarity between composite samples and aphotic zone
samples in both approaches, thus confirming the applicability of eDNA metabarcoding
in the routine biomonitoring of Lake Visovac. Significant differences in horizontal and
vertical distribution of the phytoplankton in Lake Visovac were found previously by
Ciglenečki-Jušić et al. [73].

5. Conclusions

The morphological and eDNA metabarcoding approaches offer comparable results
in describing the phytoplankton community and are applicable tools for biodiversity
monitoring in Lake Visovac. Moreover, eDNA metabarcoding should be used as a feasible
supplement to traditional microscopy in the phytoplankton community assessments, with
regards to the drawbacks of each method. It is important to emphasize the essential
continual advancement of eDNA metabarcoding in providing more accurate results.
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Abstract: The aim of our study was to detect the actual distribution of oligochaete species and to
identify their ecological differentiation with respect to environmental factors: altitude, temperature,
oxygen concentration, conductivity, total organic carbon, and waterbody type. Although widespread,
differentiation of oligochaete communities in four waterbody types and altitudinal groups can be
observed through alpha and beta diversity. Their differences were analyzed using MANOVA, while
the ecological preferences of species were presented with logistic Gaussian regression analyses. The
highest number of the species of Oligochaeta was recorded in oligochaete communities in medium
and large rivers. Total beta diversity decreased with the decreasing of waterbody size, the increasing
of size of the substrate particles, river flow velocity, as well as altitude. Communities from small
mountain rivers and streams and large and medium rivers with coarser substrate differed from
other oligochaete communities. When coarser substrate was prevalent in smaller and medium rivers,
a domination of a certain family was observed: Lumbriculidae (>800 m a.s.l.), Propappidae and
Enchytraeidae (500–800 m), and Naididae (<500 m a.s.l.). Common species of Oligochaeta, with
significantly overlapping ranges in running waters in Serbia, still show a clear grouping with respect
to preference for certain types of waterbodies.

Keywords: aquatic worms; communities; diversity; waterbody types; Serbia

1. Introduction

According to Limnofauna Europea [1], there are around 190 species of aquatic oligochaetes
in Europe. Due to their potentially high densities, wide distribution, and indicator value,
aquatic oligochaetes may be important for water management [2] but may also be indicative
of a variety of environmental conditions other than pollution. The influence of stream
hydrology and physical and chemical factors on aquatic Oligochaeta has been studied by
many authors [3–6].

The diversity of the Oligochaeta fauna in Serbia is in accordance with research in
European countries: the Netherlands, Belgium, Germany [7], Poland [8], the Czech Repub-
lic [9], and Estonia [6], as well as in the region: Slovenia [10], Bulgaria [11], Croatia [12],
Montenegro [13], and Albania [14]. Generally, in these countries the number of species
is around 100–150, depending on the amount of examined material, habitat types, and
detailed determination.

Previous investigations of oligochaete fauna in Serbian freshwaters included com-
munity structure, composition, and species distribution in different waterbody types [15].
The first comprehensive species list with oligochaete fauna of the large lowland rivers, the
Danube and Sava, as well as hilly and mountainous rivers south of the Danube corridor
was presented. The high diversity of aquatic oligochaetes in Serbia was noted, with the
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largest participation of potamal and rhithral species, and running waters were divided into
four groups based on the oligochaete community. An obvious distinction based on the
dominant taxa in the community was as follows: naidids (naidins and tubificins), enchy-
traeids, and lumbriculids. The Danube basin was distinguished by a high species diversity
and dominance of Limnodrilus hoffmeisteri. Lower river stretches of the Danube and Sava
that flow through Serbian territory could be compared to lake ecosystems, representing the
typical potamal. Generally, the diversity and relative abundance of the macroinvertebrate
fauna is significantly influenced by substrate type and river current [16], so the qualitative
composition of oligochaete assemblages in Serbian freshwaters had a clear pattern—lower
diversity in tributaries, and an increased diversity in the main watercourses. Of course, due
to anthropogenic factors, discrepancies in the distribution of oligochaetes can be observed
in waterbodies with increased sedimentation, slower river current, and increased organic
pollution of tributaries, allowing habitation by cosmopolitan species. Under these condi-
tions, Schenková and Helešic [17] observed that substrate type does not have a crucial role,
and the normal distribution of Oligochaeta can change in response to organic pollution, in
the way that lower diversity could be observed in the polysaprobic zones of river stretches
and higher diversity in oligosaprobic zones. On the other hand, saprobic conditions are
important abiotic factors for the distribution of Oligochaeta, but the substrate type can
reduce the indicator value of some taxa, which has been shown in previous research [15].

The aim of this work is to better understand the distribution and diversity of aquatic
oligochaetes in smaller rivers and mountain watercourses, since they are usually neglected
in these types of waters. The results presented should help to make oligochaetes more
reliable in the biological validation of waterbody typology according to European best
management practice.

2. Materials and Methods

2.1. Field and Labarotory Work

An investigation conducted in 2019 and 2020 (spring/summer) covered 119 water-
courses (181 locations/sites) and included a variety of waterbodies from mountain streams,
upper river stretches, and downstream to the large lowland rivers. Macroinvertebrate
samples were collected using a combination of the kick and sweep and multihabitat sam-
pling technique according to European Standards [18] using a FBA hand net (mesh size
500 μm and 250 μm). The samples were pooled, and the material was preserved in ethyl
alcohol (70%). In total, 3600 oligochaeta individuals were collected. For species identifi-
cation, appropriate keys were used [7,19]. Families Naididae (with subfamilies Naidinae,
Tubificinae and Pristininae), Propappidae, Lumbricidae, and Lumbriculidae were identi-
fied to the species level, while family Enchytraeidae was identified to the lowest possible
taxonomic level.

Water temperature (◦C) at the moment of sampling, conductivity (μS/cm), and oxygen
concentration (mg/L O2) were measured with the Horiba W-23XD multiparametric probe
(HORIBA Instruments Corporation, Irvine, CA, USA) in the field and total organic carbon
(TOC; mg/L C; SRPS ISO 8245:1994) in the laboratory.

2.2. Data Analyses

The frequency of occurrence (F) for each species in oligochaete assemblages was
calculated using the formula:

F = n/N,

where n is the number of samples in which a taxon was found, and N is the total number
of samples.

Oligochaeta were analyzed according to waterbody type by classifying each local-
ity according to its characteristics (hydromorphological properties) into the following:
Type 1—large rivers with fine substrate (silt, clay mud, and sand); Type 2—mix of large
and medium rivers with coarser substrate (gravel, stones, and rocks); Type 3—small water-
courses (up to 500 m a.s.l.); Type 4—small mountain rivers and streams (above 500 m a.s.l.);
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and Type 5—slow flowing/stagnant waters (artificial canals and reservoirs), and in re-
lation to the elevation gradient: 1—localities up to 500 m a.s.l.; 2—localities from 500 to
800 m a.s.l.; 3—localities above 800 m a.s.l.

A range of waterbody types represents a complex hydromorphological gradient. Envi-
ronmental factors (flow velocity, bottom properties, temperature, oxygen concentrations)
change predictably through waterbody types (5→1→2→3→4) and with increasing altitude.
The logistic Gaussian regression [20,21] was used to detect the response and ecological pref-
erences of the analyzed species, along the altitudinal gradient and gradient of waterbody
types. The logistic Gaussian regression was performed using FLORA software version
2013 [22].

Within each group of the Oligochaeta community, components of alpha and beta
diversity were investigated. Alpha diversity was assessed using Species Richness, the
Shannon Index, and the Equitability Index. Components of beta diversity were analyzed
using the procedures described by Baselga [23].

MANOVA [24] was utilized to find a combination of species that maximally discrimi-
nates groups of communities.

3. Results

Of the total number of macroinvertebrate samples, the Oligochaeta were found in
70 samples from 56 waterbodies. The Oligochaeta were represented by 34 taxa, belonging
to 21 genera within 5 families. The distribution of the taxa recorded and the frequency of
their occurrence are presented in Table 1.

Table 1. Distribution of taxa recorded with name abbreviations and the frequency of their occurrence.

Waterbody Type Altitude

Taxon Abb. Type 1 Type 2 Type 3 Type 4 Type 5 Alt 1 Alt 2 Alt 3

f. Naididae

subf. Naidinae

Branhiodrilus hortensis (Stephenson, 1910) Bra hor 0.2 0.09 0.04

Chaetogaster diaphanus (Gruithuisen, 1828) Cha dia 0.1 0.02

Dero digitata Müller, 1773 Der dig 0.09 0.02

Dero dorsalis Ferronière, 1899 Der dor 0.09 0.02

Dero obtusa d’Udekem, 1835 Der obt 0.18 0.04

Nais alpina Sperber, 1948 Nai alp 0.17 0.14

Nais barbata Müller, 1773 Nai bar 0.03 0.1

Nais bretscheri Michaelsen,1899 Nai bre 0.2 0.37 0.17 0.27 0.3 0.29 0.2

Nais communis Piguet, 1906 Nai com 0.03 0.17 0.02 0.1

Nais elinguis Müller, 1774 Nai eli 0.4 0.16 0.17 0.13 0.29 0.2

Nais pseudobtusa Piguet, 1906 Nai pse 0.2 0.02 0.14

Nais variabilis Piguet, 1906 Nai var 0.1 0.02

Ophidonais serpentina (Müller, 1773) Oph ser 0.2 0.05 0.27 0.11

Uncinais uncinata (Ørsted, 1842) Unc unc 0.09 0.02

Stylaria lacustris (Linnaeus, 1767) Sty lac 0.4 0.05 0.64 0.21

subf. Pristininae

Pristina aequiseta Bourne, 1891 Pri aeq 0.03 0.02

subf. Tubificinae

Bothrioneurum vejdovskyanum Štolc, 1888 Bot vej 0.1 0.03 0.04
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Table 1. Cont.

Waterbody Type Altitude

Branchiura sowerbyi Beddard, 1892 Bra sow 0.2 0.1 0.05 0.09 0.09

Ilyodrilus templetoni (Southern, 1909) Ily tem 0.1 0.02

Limnodrilus claparedeanus Ratzel, 1868 Lim cla 0.4 0.2 0.11 0.13 0.14

Limnodrilus hoffmeisteri Claparède, 1862 Lim hof 0.8 0.6 0.55 0.33 0.55 0.62 0.43 0.3

Limnodrilus udekemianus Claparède, 1862 Lim ude 0.2 0.1 0.13 0.09 0.15

Potamothrix hammoniensis (Michaelsen, 1901) Pot ham 0.2 0.6 0.39 0.33 0.09 0.36 0.43 0.3

Potamothrix vejdovskyi (Hrabě, 1941) Pot vej 0.17 0.1

Psammoryctides albicola (Michaelsen, 1901) Psa alb 0.08 0.17 0.04 0.2

Psammoryctides barbatus (Grube, 1861) Psa bar 0.1 0.05 0.04 0.14

Lophochaeta ignota (Štolc, 1886) Lop ign 0.03 0.02

Tubifex tubifex (Müller, 1774) Tub tub 0.2 0.08 0.08

f. Propappidae

Propappus volki (Michaelsen, 1916) Pro vol 0.1 0.08 0.04 0.29

f. Enchytraeidae

Enchytraeidae gen. sp. Enc 0.2 0.1 0.18 0.17 0.18 0.15 0.29 0.2

Fridericia sp. Fri sp. 0.03 0.09 0.04

Henlea ventriculosa (d’Udekem, 1854) Hen ven 0.08 0.06

Cernosvitoviella sp. Cer sp. 0.2 0.02 0.14

f. Lumbriculidae

Stylodrilus heringianus Claparède,1862 Sty her 0.2 0.26 0.5 0.15 0.14 0.6

f. Lumbricidae

Eiseniella tetraedra (Savigny, 1826) Eis tet 0.2 0.05 0.17 0.04 0.14 0.2

Five localities stood out due to the high participation of oligochaetes in the macroinver-
tebrate community: Vrla—Vladičin Han (57.14% of individuals), Bjelica—Lučani (87.5%),
Jablanica—Leće (88.46%), Krivaja—Bačka Topola (96.76%), and Tamnava—Koceljeva (98.60%).

In the oligochaete assemblages, Limnodrilus hoffmeisteri (Claparède, 1862) was the
dominant species in most waterbody types (68.70% in Type 1, 59.48% in Type 2, 45.40%
in Type 3, and 31.18% in Type 5), with exception of Type 4, where Stylodrilus heringianus
(Claparède, 1862) had the highest participation (75.55%). Regarding altitudes, L. hoffmeisteri
had the highest percentage participation in localities below 500 m a.s.l. (52.03%). In
localities from 500 to 800 m a.s.l. the dominant species was P. hammoniensis (27%), and at
altitudes above 800 m it was S. heringianus (67.9%).

The most frequent species in our investigation was L. hoffmeisteri (F = 0.55), followed
by Potamothrix hammoniensis (Michaelsen, 1901) (F = 0.36), Nais bretscheri (Michaelsen, 1899)
(F = 0.29), and S. heringianus (F = 0.21). Other species were recorded with frequency of
occurrence less than 0.2. Limnodrilus hoffmeisteri was the most frequent in waterbodies
Type 1, 2, and 3; S. heringianus was the most frequent in waterbodies Type 4, while Stylaria
lacustris (Linnaeus, 1758) was the most frequent in waterbodies Type 5. Regarding altitudes,
the most frequent species below 500 m a.s.l. was L. hoffmeisteri (F = 0.62), followed by P.
hammoniensis (F = 0.36) and S. lacustris (F = 0.21). At altitudes from 500 to 800 m a.s.l., the
most frequent species were still L. hoffmeisteri and P. hammoniensis (F = 0.43), but also naidins
(N. bretscheri, N. elinguis), propappids (Propappus volki), and enchytraeids were frequent;
F = 0.29 each. At altitudes above 800 m, the most frequent species was S. heringianus
(F = 0.6).
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A few species were recorded only in certain types of waterbodies with low frequencies
(Table 1): Chaetogaster diaphanus (Gruithuisen, 1828), Nais pseudobtusa Piguet, 1906, N.
variabilis Piguet, 1906, Ilyodrilus templetoni (Southern, 1909) (Type 2), N. barbata, Pristina
aequiseta Bourne, 1891, Lophochaeta ignota (Štolc, 1886), Henlea ventriculosa (d’Udekem, 1854),
Cernosvitoviella sp. (Type 3), Nais alpina Sperber, 1948, Potamothrix vejdovskyi (Hrabĕ, 1941)
(Type 4), Dero sp., Uncinais uncinata (Ørsted, 1842) (Type 5). N. alpina was found only at
one locality at an altitude of 750 m a.s.l.

Tubificines, naidines, and enchytraeids were recorded in all waterbody types, but the
tubificines were the most diverse in Type 3 and the naidines in Type 5 (Figure 1). Most
of the families were recorded in all altitude groups of localities, except Propappidae and
Pristininae (Figure 2). In altitudes below 500 m, the highest number of species was detected
for Naidinae and Tubificinae.

 

Figure 1. Number of species in different waterbody types (WBT).

 

Figure 2. Number of species in different altitudes (Alt).
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The components of alpha diversity within the oligochaete community were analyzed
in relation to altitude (Figure 3) and waterbody types (Figure 4). Three groups of oligochaete
communities differed significantly in relation to altitudes, where all three components of
alpha diversity (Shannon entropy, Species richness, and Equitability) showed similar trends.
Communities at altitudes of 500–800 m showed the highest values of alpha diversity compo-
nents, while communities at the highest altitudes showed the lowest values. Differentiation
of oligochaete groups in relation to different waterbody types is not so obvious. Species
richness and equitability showed similar trends. The highest species richness was observed
in WBT 2.

 

Figure 3. Alpha diversity components within oligochaetes communities in relation to altitude.

 

Figure 4. Alpha diversity components within oligochaetes communities in relation to the waterbody
types (WBT).

The highest number of oligochaete species was recorded in the group of oligochaete
communities in medium and large rivers (WBT 2) and at altitudes of 500 to 800 m.

The total beta diversity, and its components, was analyzed in relation to different
waterbody types and altitudes (Figure 5a,b).

The lowest values of nestedness with the highest species turnover were in WBT 1, with
the highest total beta diversity as well. Total beta diversity decreases with decreasing water-
body size, increasing substrate size, and higher river flow velocity, as well as with increasing
altitude. The oligochaete communities in small mountain rivers and streams, at altitudes
above 800 m, showed the highest values for nestedness with the lowest species turnover.

A comparison of oligochaete communities’ composition using MANOVA (Figure 6)
showed differences in relation to altitudes. Three groups of communities were separated:
those at altitudes above 800 m were characterized by a representative of the family Lumbri-
culidae, S. heringianus (followed by Lumbricidae, E. tetraedra and Naididae, N. barbata, N.
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communis); communities at altitudes of 500–800 m were characterized by family Propappi-
dae, P. volki (followed by Enchytraeidae, Cernosvitoviella sp. and Naididae, Psammoryctides
barbatus); and communities at altitudes below 500 m were distinguished by the species L.
hoffmeisteri (family Naididae).

 

Figure 5. Beta diversity components in (a) different waterbody types (1–5) and (b) altitudes.

 

Figure 6. MANOVA analysis of oligochaete communities with respect to different altitudes.
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MANOVA analyses with respect to WBT showed differences of oligochaete communi-
ties (Figure 7). Small mountain rivers and streams (WBT 4) and large and medium rivers
with a larger substrate type (WBT 2) were distinguished from other communities. In WBT
2, enchytraeids (Cernosvitoviella sp.) and propappids (P. volki) dominated, while in WBT 4
lumbriculids (S. heringianus) and naidids (N. communis, N. elinguis, P. hammoniensis) were
dominant. The communities in other waterbody types showed fewer differences (Figure 7).

 

Figure 7. MANOVA analysis of oligochaete communities with respect to different waterbody types.

Response curves of selected species with respect to several environmental factors are
shown in Figure 8. Gaussian logistic regression showed the ecological differentiation of
the species which characterized oligochaete communities along the oxygen concentration,
altitudinal gradient, and with respect to the waterbody type. The greatest ecological
tolerance with respect to altitude was observed for S. heringianus and E. tetraedra (over
1200 m a.s.l.), while B. sowerbyi, O. serpentina, and S. lacustris were distinguished by their
narrow range of distribution along the altitudinal gradient, with the optimal altitude up to
300 m and below.

The ecological tolerance of analyzed species with respect to waterbody type was
wide (most of the species occurred in all waterbody types). The ecological differentiation
was obvious for P. volki, P. barbatus, and S. heringianus. These species avoid large rivers
with fine substrate, while Stylaria lacustris preferred slow and stagnant waters with fine
sediment (Types 1 and 5). Most species had a wide response curve when this gradient
was observed. Eiseniella tetraedra showed the narrowest tolerance curve with respect to
oxygen concentration. A high concentration of oxygen is preferred by this species, but also
by P. volki and N. elinguis, which showed a wider range of tolerances. With respect to the
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temperature gradient, the narrow ecological tolerance was recorded only for E. tetraedra
and B. sowerbyi. With respect to other analyzed ecological preferences, conductivity and
total organic carbon, the ecological tolerances of the analyzed species were wide. The
ecological optimum of all species ranged from 6 to 9 mg/L, except for E. tetraedra, which
was recorded in assemblages with oxygen concentrations higher than 9 mg/L.

 

Figure 8. The ecological differentiation of the analyzed species with respect to selected factors.

The highest range of ecological tolerance with respect to conductivity and TOC gradi-
ent showed P. hammoniensis and L. hoffmeisteri.

4. Discussion

In the fauna of freshwaters of Serbia, a total of 97 species (45 genera from 8 families)
have been recorded so far [8]. A third of the species (37) were recorded only in the main
flow of the Danube River. The Danube is considered as the center of biodiversity and
the main corridor for the spread of Ponto-Caspian oligochaetes species [25]. Since the
Danube was not included in this study, many species typically found in this catchment
area were missing from the results, especially the species from the genera Potamothrix,
Psammoryctides, and Isochaetides. Oligochaete communities from this investigation include
34 taxa (21 genera from 5 families), which is comparable with previous investigations in
Serbia and in the surrounding countries that belong to the same biogeographical territory.
Oligochaete fauna of running waters in Serbia has been enriched by a new species. The
record of N. alpina is interesting because it is a rare species; some consider it endemic to
Europe [7]. It is a rheophil, stenotherm species, inhabits stony bottoms in the upper and
middle courses of brooks and rivers, and prefers cooler waters [7]. The exotic, tropical
species B. hortensis, which could be invasive, is rare in Europe. So far, it has been recorded
only in seven European countries [26]. In Serbia, it has expanded from the main course of
the Danube to the main tributaries and canals, and it has successfully established stable
populations in the new environment and is regularly recorded during annual monitoring.
The species is adapted to a wide range of substrate types, from small wetland pools to
large ponds [27], and it seems to be tolerant to organic load and pollution. In Serbia, it is
successfully expanding its range to the area north of the Danube (Pannonian Plain), while
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it has not yet been observed in the hilly-mountainous region south of the Danube. As van
Haaren and Soors [7] pointed out, the specific ecological demands for this species remain
to be determined.

This study confirmed previous conclusions [15] that Limnodrilus hoffmeisteri is the most
important edificator of the oligochaete fauna in the Serbian waters, as it was recorded in all
waterbody types, with the highest frequency of occurrence and percentage participation in
oligochaete communities in waterbody Types 1, 2, and 3. It was typical for large lowland
rivers, but also present in some small- and medium-sized watercourses at altitudes above
500 m a.s.l. Like in the research of [15], the characteristic species of hilly and mountainous
types of watercourses (especially above 800 m) was Stylodrilus heringianus, the dominant
species in waterbody Type 4. This species typically inhabits springs, preferring a lower
water temperature and level of eutrophication, harder substrates, and faster currents [28].
Phytophilous Stylaria lacustris was dominant in waterbody Type 5, a typical lentic habitat
type, with slow current or stagnant water and with the presence of detritus and macro-
phytes. In periphyton, the domination of naidines is expected, particularly the domination
of S. lacustris [29].

Microhabitat complexity in large rivers enables the presence of euryvalent, a cos-
mopolitan species, such as most of the species from the Tubificinae subfamily, with the
dominance of L. hoffmeisteri. Microhabitat complexity with altitude decreases and an in-
crease in the number of taxa that prefer low organic load was observed. The same patterns
are noted by Atanacković et al. [15]. Such significant reduction in microhabitat complexity
is a selective pressure, which reduces the number of species, as concluded by Marinković
et al. [30] for leeches, another group of Annelids. High beta diversity in communities
dominated by L. hoffmeisteri (WBT 1, 2, and 3) is attributable to the difference in species
composition (species turnover) and not to species richness (nestedness). These waterbodies
differed in their habitat characteristics, providing a variety of microhabitats that offer a
range of suitable conditions for different species. The opposite was observed in communi-
ties dominated by S. heringianus (WBT 4), with the highest values for nestedness and the
lowest for species turnover. A plausible explanation for this phenomenon could be that
these streams at higher altitudes have characteristics that are a limiting factor for most other
oligochaete species, such as higher flow velocity and less organic matter and silt, resulting
in each successive community being a subset of the previous community, while species
substitution does not occur [30,31]. With harder substrate, sand and rocks, and a fast
current, the lowest species turnover was expected due to the unfavorable environmental
conditions for oligochaetes. In regard to oligochaete communities, the biodiversity of these
habitats is generally low, the majority of species belong to the families Enchytraeidae and
Lumbriculide, and the frequent occurrence of Stylodrilus heringianus is evident [28].

Environmental predictors can explain a relatively small part of total variability of
oligochaete distribution. The altitudinal gradient affects substrate particle size and river
current [32], so it had an effect on the community structure. Eiseniella tetraedra, N. elinguis,
S. heringianus, P. volki, and P. barbatus preferred rivers with harder substrate and faster
current and were absent in localities with fine substrate. This distinguishes them from O.
serpentina and S. lacustris, which occurred only in rivers covered with fine substrate and
with a slow-to-medium water current.

A higher abundance of enchytraeids and propappids is characteristic of rheo- and he-
locrene watercourses [33]. Communities in rivers with harder substrate (WBT 3 and 4) were
distinguished by the presence of edificatory species from these families, while communities
in small hilly and mountainous rivers (WBT 4) were characterized by edificatory species
of lumbriculids. Representatives of the family Naididae showed a distribution pattern
characterized by different preferences for flow velocity and substrate composition. Nais
bretscheri, N. barbata, N. pseudobtusa, and Bothrioneurum vejdovskyanum preferred higher flow
velocity and coarser substrate. When the water flow slowed down and the substrate was
finer, these species were replaced by naidids that prefer almost stagnant waters (S. lacustris,
Chaetogaster sp.). Martínez-Ansemil and Collado [34] reported that substrate and water

35



Water 2023, 15, 3873

velocity are the most important factors influencing the distribution of oligochaetes, while
Marchand [35] noted that DO and organic matter affect the distribution of oligochaetes.
Large rivers and lower river stretches could be compared to lake ecosystems (with high
depth, slow flow, lower oxygen concentration) representing a typical potamal type, and
as Atanacković et al. [15] showed, the slowing down of the river current contributes to
more intensive sedimentation and in that way could significantly influencethe diversity
and relative abundance of the oligochaete fauna. Thus, the oligochaetes in the tributaries
are less diverse and abundant than in the main stream of the river [15]. The pelophilous
group, which consists of the genera Limnodrilus, Branchiura, Tubifex, and Pothamothrix, was
characteristic of a slow river current and fine substrate, and the psammophilous group
(Stylodrilus, Henlea, Nais spp., and Eiseniella) was characteristic of habitats with harder
substrates (sand, pebbles, and stones) and faster currents. Also, a lentic environment
influenced the distribution of phytophilous Ophidonais serpentina and Stylaria lacustris. Ac-
cording to the present results, due to heterogeneous microhabitats, higher species richness
was observed in oligochaete assemblages in these river stretches.

5. Conclusions

This study analyzed oligochaete communities with a focus on smaller rivers and
mountain watercourses. It revealed a high diversity of oligochaetes at higher altitudes
(500–800 m) and in rivers with coarser substrate. Also, it shows that substrate particle
size and current velocity have a significant influence on the distribution and diversity of
oligochaetes. Although the majority of aquatic oligochaetes prefer silt, clay, and slower
water currents, some species such as Stylodrilus heringianus are typical inhabitants of
mountain rivers and streams. The results also indicate that Limnodrilus hoffmeisteri is
the most prominent edificator of the oligochaete fauna in the waters of Serbia. Further
investigations that encompass all ecosystems, booth small and large rivers, as well as
reservoirs, could give us the larger datasets necessary to answer the question of where the
highest diversity of oligochaetes is. This study is an important step for using oligochaetes
more reliably and effectively, as they are one of the necessary BQEs (biological quality
elements) in the biological validation of waterbody typology in routine monitoring practice.
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Abstract: The thick-shelled river mussel, Unio crassus Philipson, 1788, is considered to be one of the
species with the highest conservation priority in Serbia. The study represents the first comprehensive
research of the distribution of U. crassus in Serbian waters. The research covered a variety of water-
body types throughout Serbia, and distribution data were considered over three time periods from
1953 to 2019. The paper summarizes all the available literature data, field research and information
obtained during the review of the collection of malacological material of the Natural History Museum
in Belgrade. The results show a positive population trend, which is reflected in an extension of the
distribution area and an increase in population density. After reviewing the museum collection,
13 synonyms for U. crassus were identified. The study also revealed a better insight into the habitat
requirements and the limiting factors of the species. Substrate characteristics, waterbody types,
altitude, and nitrate content of the water seem to be of great importance for the occurrence of the
species. The results presented here can improve further measures for the conservation of U. crassus,
not only in Serbia, but also in the Western Balkans.

Keywords: freshwater mussels; distribution history; re-identification; conservation; Serbia

1. Introduction

Freshwater mussels (Unionida: Unionidae) are one of the most important and widespread
groups of aquatic organisms, found in a variety of freshwater habitats, throughout the
world. These bivalves are an essential component of freshwater [1] and contribute to
sediment stabilization, nutrient cycling and water purification with positive effects on
freshwater biodiversity [1–3]. The Unionidae (also known as bivalves, naiads and unionids)
are among the most threatened faunistic groups at a global level [4–10]. Of the 16 European
species of the order Unionida, nine have the status of near-threatened, endangered, or criti-
cally endangered according to the IUCN Red List [10,11]. For this reason, comprehensive
environmental and population studies are very important from a conservation perspective.
Mussels also have economic importance as a food source and in the ornamental industry.
Their over-exploitation for industrial purposes has led to the population decline of some
species in many regions [12,13] and even to their local disappearance.

The thick-shelled river mussel, Unio crassus Philipsson, 1788 is currently listed by
the IUCN classification as endangered-EN at a global level [14]. It is listed in Annexes II
and IV of the European Commission Habitats Directive [15], and in Resolution 6 of the
Bern Convention [16]) but is also covered by Serbian legislation [17]. These legislations
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promote the conservation of unionids, including habitat restoration and the reintroduction
of mussels and host fish [18,19].

The native distribution area of U. crassus extends from France in the west to western
Russia in the east, and from Scandinavia in the north to Asia Minor in the southeast. It was
also recorded in the basins of the Baltic Sea, the Black Sea, the Azov Sea and the Caspian
Sea, up to the Ural River basin in Russia and Kazakhstan [10]. The species is widespread
in Europe, with the exception of Great Britain, the Apennines and the Iberian Peninsula,
where its occurrence has not been recorded [10,14].

Until the first half of the 20th century, U. crassus was the most abundant unionid
species in Europe [20]. Recently, declining population densities and the endangered status
of U. crassus have been observed in most European countries, especially in Western and
Central Europe [19]. According to the latest evidence, the decline of U. crassus in Europe is
estimated to be more than 50% [19]. The species is listed in the national Red List as critically
endangered in Switzerland, Austria and Germany with only a few intact populations
remaining [21,22], endangered in the Czech Republic, Poland and Sweden, and vulnerable
in Albania, Belarus, Finland and Latvia [14].

Insufficient knowledge of the unionids, their current status and the quantification
of population changes over time are all problems for further research on population
trends and for determining effective conservation measures not only in Serbia but also
in other European countries. U. crassus is a strictly protected species in Serbia according
to national legislation. Taking into account the new population data, we assumed that
the population trend in Serbia is continuously changing. To confirm these assumptions,
population changes over time need to be documented and quantified, including data on
the distribution history of the species. It is also important to understand which factors are
potentially responsible for the changes over time.

The aim of this study was to use a large amount of distribution data to gain a better
insight into the distribution range of the species U. crassus in different time periods; to
identify habitat preferences; to discuss anthropogenic factors affecting the distribution
of the species; and to solve the problem of using many unaccepted synonyms and not
confidently identifying U. crassus in the past in Serbia.

To achieve these goals, this manuscript compiles all known records of U. crassus in
Serbia from the literature and unpublished sampling data up to 2019. The information
presented here will significantly improve our knowledge of the current situation of U.
crassus in Serbia and support the conservation of unionids and their habitats.

2. Materials and Methods

2.1. Data Collection

The data used for the analysis of the distribution of U. crassus in Serbia cover the period
1953–2019. The distribution was estimated based on all available data: (1) peer-reviewed
articles, monographs, dissertations and reports [23–32]; (2) unpublished data on samples
collected during field research of several national projects in Serbia (material deposited
in the malacological collection of the Institute for Biological research “Siniša Stanković”,
University of Belgrade—further referred as the IBISS); (3) material collected during the
realization of four international projects (material deposited in the malacological collection
of IBISS) [33–36]; (4) BAES database—biodiversity in aquatic ecosystems in Serbia, ex situ
conservation [37]; and (5) collection of unionids of the Natural History Museum in Belgrade
(collector Ante Tadić)—referred to as historical data in remaining text.

2.2. Historical Data (1953–1973)

In order to determine the historical distribution of U. crassus in Serbia, the museum
collection of unionids was reviewed (collector of Ante Tadić). The analyzed historical
material consisted of 244 individuals from 36 sites in Serbia, collected in the Danube
and its main tributaries in the Serbian stretch (the Sava, Tisa, Karaš, Tamiš, Nera and
MlavaRivers, as well as the Velika Morava and Timok basins)—Table 1. The museum

39



Water 2023, 15, 4248

collection was inspected and the identification of each specimen was checked and verified.
A re-identification was carried out and the presence of potential synonyms for the U. crassus
was considered. Each specimen had an inventory number and a label with sampling site,
the name of the collector, the date of collection and the identification. A description of the
respective sampling location is given in Tadić [38]. Key features used in identification were
external morphology (shell outline, color, umbo sculpture, hinge characteristics as well
as the three measured linear shell distances—shell length, height and width). Review of
the status and taxonomic history of the species was carried out according to databases:
MolluscaBase [39], MUSSELpdb [40] and WoRMS [41].

2.3. Current Data (1990–2019)

Recently, the study of aquatic ecosystems has been intensified and covered the entire
territory of Serbia. A total of 540 sites were studied, covering different types of running
water—from small and medium-sized streams to large lowland rivers (Figure 1). Various
techniques were used to collect mussel samples—kick and sweep sampling and the multi-
habitat approach (EN 27828:1994) with the FBA benthic hand net (aperture: 25 × 25 cm,
mesh size of 500 and 250 μm) according to European Standards [42], benthic dredging and
in some cases visual inspection and snorkeling. To obtain comparable data, abundance was
expressed as the number of individuals per sample (relative abundance). For the graphical
presentation, abundance per watercourse was pooled.

 

Figure 1. Map of all observed locations of U. crassus in watercourses in Serbia in the period
(1973–2019).

The distribution data for U. crassus are considered over two time periods (1990–2008
and 2009–2019). The number of detections per study period and per river kilometer was
carried out to examine the distribution of the species in Serbian waters.

2.4. Environmental Variables and Data Processing

The GPS position and elevation of each site in recent research period were recorded us-
ing a GarmineTrex 20× handheld GPS receiver (Garmin ltd). The chemical parameter(NO3-
N) considered in the study was provided by the Serbian Environmental Protection Agency
(SEPA), as an official accredited institution (SRPS ISO/IEC 17025:/2017) [43] for the na-
tional water-monitoring programs. All water samples were analyzed in the accredited
SEPA laboratory according to the following method: nitrates (NO3-N): UP 1.98/PC 12.
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Water parameters were collected once a month. This parameter was selected based on the
literature data as potentially one of the main elements affecting the U. crassus community.

In each watercourse the substrate type was categorized according to the AQEM proto-
col [44], which included: 1—megalithal (>40 cm); 2—macrolithal (20–40 cm); 3—mesolithal
(6–20 cm); 4—microlithal (2–6 cm); 5—akal (2 mm–6 cm); 6—psammal/psammopelal
(6 μm–2 mm); 7—argyllal (<6 μm) and other (organic mud, Xylal, living parts of terrestrial
plants, debris) and were categorized into classes based on the percentage of cover (1–7).

According to the modified national typology [45], all surface waters in Serbia are
classified into six categories: Type 1—large lowland rivers; Type 2—large rivers; Type
3—small to medium rivers with elevation below 500 m; Type 4—small to medium rivers
and streams with elevation above 500 m; Type 5—watercourses of the Pannonian Plain;
Type 6—small waterbodies including springs and upper stretches of streams. For this study,
the material was collected in three categories of waterbodies (Types 1, 2 and 3).

2.5. Statistical and Graphical Analysis

The study of the ecological preferences of species in terms of the elevation gradient,
waterbody types and the gradient of substrate types with the response curve was performed
using the STATISTICA 8 software (StatSoft, Inc., Tulsa, OK, USA) [46]. The nitrate–nitrogen
content in different watercourses was analyzed using General Discriminant Analysis
(GDA). The values of abundance and nitrogen content are graphically represented by mean,
maximum and minimum values. The maps were created using Adobe Illustrator CC15
(Adobe Inc., 2015) [47].

3. Results

3.1. Historical Data

By analyzing historical data, 94 individuals of the 244 examined specimens were
identified as U. crassus. A re-identification of each specimen from the museum collection
was carried out and then the scientific names were validated in the database. After re-
identification, 13 synonyms for U. crassus were identified (Table 1).

Table 1. Re-idetification of the collection from the Natural History Museum in Belgrade (collector
Ante Tadić).

Collection
Number

Label Re-Identification Collection Data Collection Site

63 Unio crassus crassus Philipson 1788 Unio crassus 1963 Veliki Bački channel, Sombor
62, 65 Unio crassus crassus Philipson 1788 Unio crassus 1955 Sava, Stara Bežanija
55 Unio crassus crassus Philipson 1788 Unio crassus 1967 Tamiš, Pančevo
53 Unio crassus crassus Philipson 1788 Unio crassus 1967 Dunav, Smederevo
51 Unio crassus crassus Philipson 1788 Unio crassus 1966 Tisa, Senta
52 Unio crassus crassus Philipson 1788 Unio crassus 1965 Karaš channel
42 Unio crassus crassus Philipson 1788 Unio crassus 1958 Z. Morava, Rud̄inci
43 Unio crassus crassus Philipson 1788 Unio crassus 1961 Dunav, Zemun
60 Unio crassus cytherea Kuster 1833 Unio crassus / Sava (76 rkm)
56 Unio crassus cytherea Kuster 1833 Unio crassus 1958 Z. Morava, Trstenik
46 Unio crassus cytherea Kuster 1833 Unio crassus 1961 Danube, Zemun
94 Unio crassus batavus (Maton and Rackett, 1807) Unio crassus 1967 Danube, Golubac
97 Unio crassus batavus (Maton and Rackett, 1807) Unio crassus 1953 Sava (35.5 rkm)
93 Unio crassus batavus (Maton and Rackett, 1807) Unio crassus 1973 Mlava, Gornjak
99 Unio crassus batavus (Maton and Rackett, 1807) Unio crassus 1955 Sava, Stara Bežanija
49 Unio crassus f. Grandis Unio crassus 1967 Danube, Zemun
44 Unio crassus crassus f. Grandis Unio crassus 1967 Tamiš, Pančevo
45 Unio crassus crassus f. Grandis Unio crassus 1958 Z. Morava
47 Unio crassus crassus f. Grandis Unio crassus 1958 Z. Morava, Klenjak
48 Unio crassus crassus f. Grandis Unio crassus 1958 Z. Morava, Rud̄inci
124 Unio amnicus Rossmässler, 1836 Unio crassus 6 August 1958 Z. Morava, Rud̄inci
123 Unio amnicus Rossmässler, 1836 Unio crassus / Z. Morava, Trstenik
122 Unio consentaneus ‘Zigel’ Rossmässler, 1836 Unio crassus 6 September 1958 Z. Morava, Rud̄inci

120, 121 Unio serbicus Drouët, 1884 Unio crassus 6 August 1958;
6 September 1958 Z. Morava, Klenjak
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Table 1. Cont.

Collection
Number

Label Re-Identification Collection Data Collection Site

119, 120 Unio serbicus Drouët, 1884 Unio crassus 1965; 1966 Nera, Bela Crkva
85 Unio reniformis ‘Schmidt’ Rossmässler, 1836 Unio crassus 1961 Danube, Zemun
82 Unio reniformis ‘Schmidt’ Rossmässler, 1836 Unio crassus 1967 Danube, Medornica confluence
87 Unio rivalis Drouët, 1884 Unio crassus 1965 Bela Crkva
68 Unio bosnensis Möllendorff, 1874 Unio crassus 1961 Danube, Zemun
69 Unio bosnensis Möllendorff, 1874 Unio crassus 1973 Mlava, Gornjak
81 Unio savensis Drouët, 1882 Unio crassus 1973 Mlava, Petrovac
73 Unio pančići Drouët, 1882 Unio crassus 1972 Crni Timok, Zaječar

The majority of species names are not considered valid based on current knowledge
of the freshwater mussel diversity. Many of these synonyms were introduced into Europe
by the French Nouvelle École in the late 19th century [48]. According to the historical data,
considering the period from 1953 to 1973, it can be assumed that U. crassus was a common
species in Serbia with a continuous range. The distribution range of the species based on
historical data is shown in Figure 2.

Figure 2. Map of the distribution range of U. crassus in studied grid squares 10 × 10 km in the period
1953–1973.

In the archive material, the species was detected at 20 of the 36 examined sites (55%).
The species was found to be widespread in the Serbian stretch of the Danube. It was
recorded at five out of nine examined sites (55%), from Apatin (1402 rkm) to Golubac
(1040 rkm). A total of 16 specimens of the species were collected in the studied section of the
Danube. The species was also detected in the Sava River with moderate occurrence, being
recorded at three out of the eight examined sites (37%). Five individuals of U. crassus were
collected in the Serbian stretch of the Sava (from 76 rkm to the mouth of the Danube). Thirty-
nine specimens were collected at four sites. A dense population and the highest frequency
of occurrence of U. crassus was observed in the Zapadna Morava. Even 39 specimens were
collected at four sites in Z. Morava. U. crassus was detected in the Tamiš (in 33% of the
examined samples), Mlava (in 50% of the examined samples) and Nera (in all samples)
Rivers, but also detected in the Tisa and Crni Timok Rivers (at only one site). The occurrence
of the species is observed in the Veliki Bački and Karaš channels.

42



Water 2023, 15, 4248

Between the 1970s and 1990s, a period of intensive industrialization, U. crassus became
locally and even regionally extinct. After historical data, there were no records of the
species in Serbia until the early 1990s (Figure 3).

 
Figure 3. The number of mapping fields in different time periods.

3.2. Current Data

Of the 540 sites surveyed, mussels were detected at 46 sites. The current distribution of
the species is shown in Figure 4A,B. The number of detections in the watercourses per study
period and the river kilometers are shown in Table 2 and Figure 3. U. crassus was detected
in the Kolubara [24], Pusta reka [25], Tisa (site Novi Bečej-63rkm) Rivers in 2001 [23], Crni
Timok upstream in 2004 [37] and at two sites on the Danube (Stari Banovci and Smederevo)
in the period 1990–2008 [26] (Table 2, Figure 4A).

In the period 2009–2019, U. crassus was detected in 40 of the 120 examined watercourse
sites (33.3%) in Serbia (Figure 4B).

The species was detected in the Danube, Tisa, Sava, Velika and Zapadna Morava
Rivers, as well as in the Kolubara River basin (three sites on the main course of the
Kolubara and in the Peštan and Ljig Rivers), and according to the literature data, it was
also detected in the Južna Morava [39] and Nišava Rivers [40] (Table 2).

During this period, the species was sporadically detected along the Danube, with a
low frequency of occurrence and abundance (up to 0.48% of the total mussel community).
The species was detected in the Danube only in 2013 at two sites (Čerević-1273 rkm and
Tekija-956.2 rkm). It more frequently occurred in the Tisa River. The species was detected
at the sites Titel-11 km upstream of the Danube confluence with the Danube (2010), Ada-
130 rkm (2013), Martonoš-155 rkm and Tisa, confluence-2 rkm (2019) with low relative
abundance (up to 5.78% of the total mussel community). U. crassus was also detected in
the Sava and Velika Morava Rivers along almost the entire stretch with a higher relative
abundance (with a percentage participation of 25.42% and 11.59%, respectively) and in
repeated sampling occasions. The occurrence of U. crassus in the Kolubara River basin was
also confirmed in repeated sampling in the period 2009–2019, but with a low abundance.

The mean value of the population abundance of U. crassus is shown in Figure 5, with
the minimum and maximum deviation of abundance in the different watercourses, with
the highest population abundance recorded in the Sava River.
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Table 2. Findings of U. crassus in the period 1990–2019, according to the literature data and
field investigation.

River/Site Latitude Longitude Period/Year rkm Reference

Kolubara (downstream from the
Jablanice and Obnice confluence) 44.26163 19.87572 1991–1994 No data Marković et al., 1999 [24]

Pusta reka 43.08852 21.79819 1998–1999 No data Živić et al., 2001 [25]
Pusta reka 43.08852 21.79819 1998–1999 No data Živić et al., 2001 [25]
Tisa, Novi Bečej 20.13447 45.58948 2001 63 JDS-ITR Report 2002 [23]

Dunav, Stari Banovci 44.97855 20.28433 2003–2008 No data Martinović-Vitanović
et al., 2013 [26]

Dunav, Smederevo 44.65945 20.87647 2003–2008 No data Martinović-Vitanović
et al., 2013 [26]

Crni Timok-upstream 43.81826 21.74558 2004 No data BAES database, Simić
et al., 2006 [37]

Dunav, Ćerević 45.22246 19.67268 2013 1273 IBISS
Dunav, Tekija 44.68893 22.41312 2013 956 IBISS
Tisa, Titel 45.21199 20.3188 2010 11 IBISS
Tisa, Ada 45.79409 20.14725 2013 130 IBISS
Tisa, mouth 45.18785 20.31182 2019 11 IBISS
Tisa, Martonoš 46.17644 20.09552 2019 155 IBISS
Velika Morava, Brežane 44.64795 21.07092 2009 9 IBISS
Velika Morava, Varvarin 43.73424 21.37135 13 May 2010 179 IBISS
Velika Morava, Varvarin 43.73424 21.37135 20 September 2010 179 IBISS
Velika Morava, Varvarin 43.73424 21.37135 19 October 2010 179 IBISS
Velika Morava, Varvarin 43.73424 21.37135 16 November 2010 179 IBISS
Velika Morava, Ćuprija 43.94506 21.37101 20 September 2010 146 IBISS
Velika Morava, Markovački most 44.22582 21.15245 20 September 2010 93 IBISS
Velika Morava, Varvarin 43.73424 21.37135 18 January 2011 179 IBISS
Velika Morava, Markovački Most 44.22582 21.15245 31 March 2011 93 IBISS
Veliki Morava, Varvarin 43.73332 21.37018 2019 179 IBISS
Velika Morava, mouth 44.69536 21.03545 2019 2 IBISS
Zapadna Morava-upstream of the
Kraljevo and upstream of the
Ibar mouth

43.74022 20.73047 2009 4 IBISS

Zapadna Morava, Miločaj 43.77612 20.62904 2012 106 IBISS
Zapadna Morava, Gugaljski Most 43.86874 20.10663 2013 172 IBISS
Južna Morava 42.92038 22.03482 2011 Novaković et al., 2012 [28]
Nišava 43.30647 22.00474 2011 Savić 2012 [32]
Sava, marina 44.80639 20.4438 2010 3 IBISS
Sava, Ostružnica 44.73867 20.31975 2010 16 IBISS
Sava, Šabac 44.7924 19.69151 2011 108 IBISS
Sava, Sremska Mitrovica 44.96211 19.6088 2011 139 IBISS
Sava, Bosut confluence 44.94073 19.36989 2011 162 IBISS
Sava, Bosut confluence 44.94073 19.36989 2012 162 IBISS
Sava, Sremska Mitrovica 44.96211 19.6088 2012 139 IBISS
Sava, Jarak 44.91293 19.75402 2012 124 IBISS
Sava, Umka 44.68449 20.30589 2012 22 IBISS
Sava, Sremska Mitrovica 44.91358 19.7525 2015 139 IBISS
Sava, Šabac 44.76524 19.70304 2015 105 IBISS
Sava, Jamena 44.87813 19.08448 2019 204 IBISS
Sava, mouth 44.79289 20.39587 2019 7 IBISS
Kolubara, Draževac 44.56896 20.21381 2011 14 IBISS
Kolubara, Ćelije 44.37226 20.19992 2012 48 IBISS
Kolubara, Beli Brod 44.37083 20.19956 2013 49 IBISS
Peštan 44.42845 20.25699 2013 1 IBISS
Ljig 44.331578 20.203179 2019 No data IBISS
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Figure 4. Maps of the distribution range of U. crassus in studied grid squares 10 × 10 km in the
periods: (A) 1990–2008 (according to the literature data only); (B) 2009–2019.

Figure 5. Population abundance of U. crassus in different watercourses in Serbia represented by mean,
maximum and minimum abundance levels (D—Danube; S—Sava; T—Tisa; VM—Velika Morava;
ZM—Zapadna Morava; K—Kolubara).

3.3. Ecological Preferences

The distribution of U. crassus is observed predominantly in the littoral reaches of
large lowland rivers (waterbody Types 1 and 2), where fine substrate predominates (psam-
mal/psammopelal (6 μm–2 mm) and in small to medium watercourses (Type 3), where
coarse substrate (mesolithal 6–20 cm and microlithal 2–6 cm) predominates, at elevations
of up to 500 m (Figure 6A–C). It can be characterized as a rheo- to limnophilous species,
preferring habitats with slow to moderate water flow.
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Figure 6. Preference of the mussel assemblages on the (A)—substrate type (1—megalithal (>40 cm);
2—macrolithal (20–40 cm); 3—mesolithal (6–20 cm); 4—microlithal (2–6 cm); 5—akal (2 mm–6 cm);
6—psammal/psammopelal (6 μm–2 mm); 7—argyllal (<6 μm); (B) altitude and (C) waterbody type.

Comparing nitrate–nitrogen levels for the same water bodies between the different
monitoring years shows that nitrate–nitrogen levels were higher in the period 1999–2007
than in the most recent monitoring period (2011–2019) (Figures 7 and 8).
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Figure 7. Nitrate–nitrogen concentration in rivers currently or formerly populated by U. crassus
in period 1999–2007. Mean values are shown as columns with minimum and maximum deviation
indicated by lines. D—Danube; S—Sava; T—Tisa; VM—Velika Morava; ZM—Zapadna Morava;
K—Kolubara Rivers.

Figure 8. Nitrate–nitrogen concentration in rivers currently or formerly populated by U. crassus
in period 2011–2019. Mean values are shown as columns with minimum and maximum deviation
indicated by lines. D—Danube; S—Sava; T—Tisa; VM—Velika Morava; ZM—Zapadna Morava;
K—KolubaraRivers.

4. Discussion

This study represents the first comprehensive research on the distribution of U. crassus
in Serbian waters, based on historical, literature and field data.

Considering all the collected data, it can be observed that the distribution and abun-
dance of U. crassus varies in the different study periods (Figures 2 and 4A,B) and in different
watercourses (Figure 5). Re-identification of the archive samples from the Serbian Natural
History Museum (period from 1953 to 1973) revealed that U. crassus was a common species
with continuous distribution throughout Serbia until the mid-1970s. After re-identification
(Table 1) of the museum collection, it was observed that there are many synonyms for
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U. crassus. Many of these taxa were first described by Henri Drouët (French ’Ecole Nou-
velle) in his conchological study of the unionids of Serbia, which also contains an overview
of the systematics of only the unionids of Serbia [48]. The great intra-species morphological
variability led to an expansion of species’ descriptions in the XIX century. Based on all
available data on unionids in Serbia and considering the species names according to the
valid taxonomy, it can be concluded that the largest number of synonyms exists for the
species U. crassus. European mussel diversity was also overestimated in the early 1900s
due to unreliable taxonomic identification and numerous synonyms, mainly due to the
influence of the French ’Ecole Nouvelle [19]. The number of described species in Europe
was up to 1500 in the XIX century, but currently 16 species of Unionida are recognized after
many synonymies were resolved [19].

Subsequent studies (after the 1970s) showed a decline in population density and a
restriction of the distribution range, as well as sporadic findings of the species. In fact, until
the early 1990s, there was no data on U. crassus in Serbia. Later, the occurrence of U. crassus
was reported for the Kolubara River in the period 1991–1994 [24], for the Pustareka in
the period 1998–1999 [25] and for the Crni Timok River [37]. U. crassus was detected in
Serbian waters in the Crni Timok in 2004 [37]. Martinović-Vitanović et al. [26] reported
findings at two sites in the Serbian stretch of the Danube (Stari Banovci and Smederevo)
in the period 2003–2008. All of the above-mentioned findings could be characterized as
rare and/or individual findings, indicating that the species was present, but with low
population density.

More recent investigations (2009–2019) confirmed the presence of the species in the
Danube, Tisa, Sava, Velika and Zapadna Morava Rivers, and in the Kolubara River basin
(three sites on the main course of the Kolubara and in the Peštan and Ljig Rivers) (IBISS
database), as well as in the Južna Morava [39] and Nišava Rivers [40] (Table 2, Figure 4B).
According to the results of the survey of the Sava River in 2012 [28,29], and especially in
2019, a stable population of U. crassus was found in the upper and middle stretches of
the river. The species was detected at all investigated sites from the site Jamena (204 rkm)
to the mouth of the Danube (3 rkm). During the 2019 survey, a high abundance of the
species and an almost uniform population of U. crassus was detected at the Jamena site. A
similar distribution pattern of the species was observed in the KolubaraRiver basin and
in the Velika Morava (from 179 rkm to 2 rkm) and Zapadna Morava (from 172 rkm to
2 rkm) Rivers. According to recently published data, an extension of the known range of
the species in Serbia and its occurrence in the Južna Morava [28] and Nišava [32] Rivers
was also detected. During the investigation of the Tisa River in 2001 [23], the presence of
U. crassus was detected at one (Novi Bečej-63 rkm) of four investigated sites in the Serbian
stretch (lower Tisa), while subsequent surveys from 2010 to 2019 showed an increasing
population trend with detection of the species along almost the entire Serbian river section,
from the Martonoš (155 rkm) to the Titel (11 rkm) River. Considering that the presence
of the species has been confirmed in repeated sampling with significant abundance in
the Velika Morava and especially in the Sava River (Figure 5), it could be assumed that
the population is recovering, but stable populations are still localized. Furthermore, the
permanent finding in the Kolubara River basin could indicate either a recovery of the
population or that the population has reached its optimal density for that particular river
type. The decreasing trend of the population and the fragmented distribution of U. crassus
were also confirmed for Europe during studies in the second half of the XX century, with the
exception of the northern part (the Baltic basin area), where the species is still considered to
be relatively widespread [14]. In contrast to the current data, U. crassus was also formerly
widespread and the most common unionid in Europe [14].

Knowledge of the habitat requirements of endangered species is of great importance
for the implementation of effective conservation strategies, which usually include habitat
restoration [49]. In this study, the species was registered in different waterbody types
(Types 1, 2 and 3) in areas up to 350 m a.s.l. (Figure 6), in the littoral part of rivers, mostly in
fine substrate but also on larger sediment fractions. Most European unionids are lowland
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species, whereas U. crassus can inhabit higher elevations than other unionids [19,30] and can
even reach very high densities in mountainous rivers [50], which supports the hypothesis
of a wider niche for habitat variables than expected [51].

The population decline and local extinction may be related to the general environ-
mental degradation due to pollution and habitat degradation in the second half of the
20thcentury. It was observed that this species is generally vulnerable to environmental
degradation, especially to changes in water chemistry [14]. The high level of eutrophication
caused by agricultural drainage is considered to be the main reason for the decline of
U. crassus [10,22,30,52–54]. Our data show that the mean nitrate–nitrogen concentration
varies between the study periods (Figures 7 and 8). The maximum variation in nitrogen
concentration indicates highly polluted rivers and poor water quality conditions in almost
all the studied rivers in the period between 1999 and 2007 (Figure 7). In the recent period
(2011–2019), an improvement in water quality in terms of nitrogen concentration was ob-
served (Figure 8). The most favorable conditions are in the Sava River where the maximum
values do not exceed 1.5 NO3-N mg/L (Figure 8). A significant improvement in water
quality was observed in all the studied rivers, which is consistent with our most recent
investigations. According to the latest studies, the distribution, the number of detections in
selected watercourses and the localities of the first findings, clearly indicate an increasing
population trend and an expansion of the distribution range in recent years in Serbia, with
a focus on the Sava River basin (Figures 4B and 5). According to research by Zettler and
Jueg [22], the increased nitrate–nitrogen caused by eutrophication is one of the main factors
in the decline of U. crassus. In particular, it is a limiting factor for the growth and maturation
of juveniles. A prevailing concentration below 2 mg/L throughout the year and between
years indicates successful growth [22]. According to the same authors, limited recruitment
of juveniles was observed in moderately polluted streams with nitrogen concentrations
between 2 and 10 mg. When the nitrogen concentration exceeds 20 mg/L, the mortality of
the mature U. crassus population strongly increases [22]. Increased mortality was observed
in juveniles above concentrations of 2.3 mg NO3-N/l [51].

U. crassus was common in the Danube River during the period 1953 to 1973 [37,38], but
according to our recent data, its presence in the river was detected only in 2013, with low
abundance at only two sites (Čerević-1273 rkm and Tekija-956 rkm) (Table 2). In addition to
pollution, the disappearance of this species from the Danube in recent decades could also
be related to the hydromorphological changes caused by the construction of dams (Iron
Gate) and their impact on the river. Dam construction is probably one of the major threats
to the mussel community with direct (damage or removal) or indirect effects on mussels
(loss of suitable mussel substrate and decline of host fish) [19,22]. The construction of dams
creates barriers to the migration of fish that are potential obligate hosts for the unionid
larvae. A lack of suitable host fish can lead to a lack of juvenile recruitment, reducing
population density and can potentially lead to species disappearance from habitats or even
to extinction [22,55]. The construction of the dam and the forming of a large accumulation
lake on the Danube River in Serbia has led to changes in the natural river regime, i.e., the
slowing down of the river flow and permanent sediment deposition [56]. Although the
dam was built in the lower section, the changes in the river character are noticeable
over a long distance downstream and also upstream of the dam. The change in the flow
velocity of the river has led to an increased sedimentation rate in the Danube [57]. The
increase in sedimentation rate and the change in substrate as a result of the dam [22,58]
indirectly affects the mussel community by affecting the potential microhabitats of the
species. Changes in river flow due to dam construction and their impact on mussel fauna
have already been confirmed for streams and rivers in Europe [14,19,22,59].

On the territory of Serbia, the beginning of mussel exploitation dates back to the 1930s.
In the 1950s, organized mussel collection for industrial purposes was performed [38]. This
long-term overexploitation has certainly significantly contributed to the decline of mussel
populations in our rivers, which can still be observed today. Since the 1850s, freshwater
mussels have been exploited for the extraction of pearls and nacre for button making [60].

49



Water 2023, 15, 4248

At the peak of this exploitation, up to 50,000 tons of shells were harvested from North
American rivers [61]. Strict laws now prohibit these activities, but poaching continues in
some countries [19]. According to Ferreira-Rodríguez et al. [62], overexploitation is only
locally significant and is often of secondary importance compared to other pressures that
currently exist.

Among other factors, the introduction of exotic species is a possible contributing factor
to the decline of freshwater mussels [10]. Over the past 20 years, research on allochthonous
species has intensified in Serbia [61]. According to Zorić et al. [63], the Danube is the main
corridor for the introduction and spread of alien species in Serbia and their spread to the
other major rivers, i.e., the Tisa, Sava and Velika Morava [63]. The invasive bivalve species in
Serbian freshwater ecosystems include the zebra mussel Dreissena polymorpha (Pallas 1771),
the quagga mussel Dreissena bugensis Andrusov, 1897, the Asian clam Corbicula fluminea
(O. F. Müller 1774) and the Chinese pond mussel Sinanodonta woodiana (Lea, 1834) [63].
Invasive mussels are widely recognized as an important threat to native biodiversity [64].
The ecological impact of invasive species on native communities is not well documented in
Serbia but there is evidence of widespread distribution in Serbian waters, dense populations
and coexistence with native fauna [63]. They can cause direct biotic interactions with the
native community (e.g., predation and competition) and also indirect changes in habitat
conditions (e.g., habitat structure and turbidity) [65,66].Evidence of the negative impact of
invasive species on native unionids has already been observed in many European countries
as well as in North America [19].

At global, regional and local levels, species important for nature conservation are selected,
protected areas are designed and an ecological network is established to link protected areas
important for biodiversity conservation and the remaining priority habitat types [64].

The NATURA 2000 network is the main tool for biodiversity protection in the European
Union. It is now considered to be the world’s largest network of protected areas, covering
30,000 sites that occupy 20% of the EU territory [67].

Nature conservation efforts in the Republic of Serbia are aimed at fulfilling obligations
in the framework of preparations for accession to the European Union (EU), which mainly
refers to the establishment of the NATURA 2000 ecological network. When the conditions
for EU accession are met, biodiversity and habitat diversity in Serbia will become part of
the European ecological network NATURA 2000, with the obligation to implement the
Directive. Serbia will propose areas important for the conservation of endangered plant
and animal species for the ecological network NATURA 2000 and habitat types, as well as
other EU member states.

The Balkan Peninsula served as a glacial refuge for several species of freshwater
macroinvertebrates [68,69]. The establishment of an ecological network of protected areas
will make it possible to ensure the survival of the most valuable species and habitats,
promote the protection of numerous ecosystems and ensure that the natural system of
Europe, and the Balkan Peninsula in particular, remains healthy and resilient.

5. Conclusions

The results presented show considerable progress in the restoration of the former
distribution range of U. crassus in Serbian waters. Based on a dataset that includes historical
and current data, population trends of this mussel over time were identified and a better un-
derstanding of the basic ecological requirements of the species was gained. The interaction
of eutrophication, hydrological changes, overexploitation as well as the introduction of in-
vasive species may be possible factors that influenced the local disappearance of U. crassus
in some sections or the decrease in population density in Serbia. The results of this study
can be used for the further development of effective and sustainable conservation strategies
for endangered U. crassus populations, which usually include habitat restoration. Despite
the high conservation status of this species, knowledge about its biology and ecology is
insufficient. To improve conservation strategies for U. crassus, a systematic understanding
of the limiting factors in the species’ life cycle is crucial. Further studies on U. crassus

50



Water 2023, 15, 4248

should include more comprehensive ecological, biological and genetic investigations, as
well as detection of new populations on a larger geographical scale.
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Hudina, S. Macroinvertebrates of the Natural Substrate of the Sava River–Preliminary Results. Water Res. Manag. 2012, 2, 33–39.
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Abstract: The aim of the study was to test the significance of the EPT index in the water quality
assessment of three types of water bodies in hilly and mountainous region of Serbia. The aquatic
macroinvertebrate community was dominated by the group of insects, of which 95 taxa represent
the EPT group. We compared the obtained values of biological indices used for the assessment of
water quality according to the national legislation with the overall status assessment represented by
the ecological quality classes (EQC). The results of the Spearman correlation test showed a negative
correlation of EQC with the EPT index, BMWP score, H′, total number of taxa and number of sensitive
taxa, while a positive correlation was observed for the values of SI and Tubificinae %. The values
of EQC and biological indices were subjected to principal component analysis (PCA). The results
showed that the parameters that contributed most to the differences were the EPT index, the BMWP
score and the number of sensitive taxa. The results indicate that the EPT index is an excellent indicator
of changes in water quality and an important tool for the ecological categorization of water bodies in
mountain regions.

Keywords: aquatic insects; EPT group; diversity; biological indices; water quality assessmant; hilly
and mountain streams; Serbia

1. Introduction

The benthic macroinvertebrate fauna is an effective tool for documenting changes in
overall ecological status, and also one of the most prominent biological quality elements
(BQEs) used for the ecological assessment of rivers under the European Water Framework
Directive (WFD) [1]. Aims of WFD are to prevent further deterioration and to protect and
improve the status of aquatic ecosystems, with the explicit goal of achieving at least “good
ecological status” for all surface waters by 2027 [2].

Macroinvertebrate offer numerous advantages for biomonitoring. Sampling is rela-
tively simple and has minimal adverse effects on the resident biota [3–5]. Macroinvertebrate
taxa generally occur in characteristic and limited habitats within their geographic range
and are usually most abundant near their respective ecological optimum [6,7]. The benthic
macroinvertebrates are good indicators of local conditions and are particularly suitable for
assessing site-specific impacts, as many of them have restricted migration patterns or a
sessile lifestyle [8]. Larval stages will respond quickly to stress. Many of these groups are
relatively easy to identify to the lower taxonomic levels such as genus and species [9,10].

Many aquatic insects are intolerant to various types of pressures, therefore along with
increased pollution, lower diversity can be expected. Many authors compared a large

Water 2024, 16, 849. https://doi.org/10.3390/w16060849 https://www.mdpi.com/journal/water54



Water 2024, 16, 849

number of macroinvertebrate indices and found that simple species counts, especially
sensitive taxa, were most effective in determining water body impairment [10–12].

Some of the macroinvertebrate-based indices of river health have been proven to
be particularly useful and effective, such as the EPT (Ephemeroptera + Plecoptera + Tri-
choptera) index. This index was named after three orders of aquatic insects common in the
benthic macroinvertebrate community: Ephemeroptera (mayflies), Plecoptera (stoneflies)
and Trichoptera (caddisflies). It represents the sum of the taxa richness of these three
orders [13].

Publications from the 1950s stated that the species of these three orders are generally
intolerant of pollution [14]. The EPT larvae are easy to sort and identify and are often used
as an indicator of water quality. The EPT index has been recommended as possibly the
most efficient of the macroinvertebrate indices, especially in lotic ecosystems where they
are the dominant component of the representative community [15,16].

A complex river network covers most of the territory of Serbia and belongs to the
catchment area of the Black, Adriatic and Aegean Seas. The Serbian territory belongs to
South-East Europe, covering the central part of the Balkan Peninsula and the southern
part of the Pannonian Plain. It can be clearly divided into two regions—the Pannonian
plain and the hilly and mountainous region south of the Danube and Sava rivers [17]. The
distribution of aquatic organisms in this area is therefore a complex issue. The diversity of
benthic macroinvertebrates in this area is significant and it is considered the main diversity
hotspot of aquatic insects in Europe, especially the EPT groups [18]. Paunović et al. [19]
used the distribution of macroinvertebrates to delineate the boundaries of ecoregions on the
territory of Serbia with regard to the original concept of Illies [17], which was accepted by
the WFD. According to these authors [19], the hilly and mountainous region of the country
belongs to the ecoregion 5 (Dinaric Western Balkan) and ecoregion 7 (Eastern Balkan).

The aims of the study were: to assess the significance of the EPT index in the evaluation
of the water quality assessment of three types of water bodies in the mountainous regions
of Serbia; to test the relationship between the obtained values of biological indices used for
the assessment of water quality of these types of water bodies, according to the national
legislation and the overall ecological status assessment represented by the ecological
quality classes (EQC); and to test whether the EPT index is sufficiently meaningful and
self-sufficient for the assessment of water quality of hilly and mountainous streams.

2. Materials and Methods

2.1. Study Area

The collection of benthic macroinvertebrate samples in the spring and fall 2019 was
conducted to supplement the data for the revision of the Water Management Plan for the
territory of the Republic of Serbia. It included 119 watercourses that have not previously
been part of the routine water quality monitoring led by the Environmental Protection
Agency of the Republic of Serbia. Large lowland rivers and rivers with a predominance of
fine and medium sediment (akal, psammal/psammopelal, argyllal) [20], and artificial water
bodies, canals and reservoirs, were excluded from this study. According to the national
legislation, the EPT index is not used as a biological metric to assess water quality in these
types of water bodies [21].

The analyzed dataset in this paper included the group of hilly and mountainous small-
to medium-sized streams with a predominantly hard bottom substrate, classified according
to the Serbian typology of watercourses [21]. The focus was on 44 sites located on three
selected stream types (Figure 1). The selected types of watercourses were: type 3—small
and medium streams, altitude up to 500 m a.s.l., dominance of larger substrate (mesolithal,
macrolithal, megalithal) (24 sites); type 4—small and medium streams, altitude above
500 m a.s.l. and dominance of larger substrate (mesolithal, macrolithal, megalithal) (6 sites)
and type 6—small watercourses outside the area of the Pannonian Plain that do not fall
under types 3 and 4 and are not covered by the regulation on the establishment of surface
and groundwater bodies (combination of different types of substrate) (14 sites) [22] (Table 1).
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Most of the investigated sites have microhabitat substrate characterized by boulders and
cobbles and fast velocity of flow. The size of the microhabitat substrates were defined
according to Hering et al. [20].

Figure 1. Map of sampling localities.

Table 1. Sampling localities by watercourse type with GPS coordinates.

No. Type of Watercourse Localities N E Altitude (m)

1 Type 3 Kamenica 44.27879 20.69594 203
2 Grza 43.86491 21.47602 210
3 Ravanica 43.94375 21.42883 176
4 Likodra 44.37108 19.41078 390
5 Krupinska reka 44.27692 19.30736 313
6 Veliki Rzav 1 43.67234 19.93187 498
7 Veliki Rzav 2 43.74391 20.05248 480
8 Nišava 1 43.01863 22.73374 413
9 Nišava 2 43.15188 22.59950 381
10 Pusta reka 43.01950 21.71199 246
11 Toplica 1 43.21316 21.83449 272
12 Toplica 2 43.13895 21.28398 425
13 Vlasina 1 42.96810 22.12787 329
14 Vlasina 2 42.94951 22.30421 410
15 Rasina 43.58722 21.34405 152
16 Mlava 44.54519 21.27974 93
17 Jošanica 43.40491 20.66400 463
18 Resava 44.19887 21.28998 148
19 Ribnica 1 44.28707 20.06403 163
20 Ribnica 2 44.23879 20.09669 260
21 Ribnica 3 44.17276 20.06269 375
22 Tamnava 2 44.45617 19.63632 236
23 Ðetinja 1 43.83131 19.91463 642
24 Ðetinja 2 43.80448 19.95518 458

25 Type 4 Mileševka 43.37128 19.69763 726
26 Uvac 43.29290 19.93810 1134
27 Vapa 43.29000 20.04355 1023
28 Dojkinačka reka 1 43.26172 22.77364 1223
29 Dojkinačka reka 2 43.15595 22.81343 1009
30 Gradska reka 42.89735 22.35245 846
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Table 1. Cont.

No. Type of Watercourse Localities N E Altitude (m)

31 Type 6 Tisovica 43.48065 19.97928 1167
32 Trudovačka reka 43.48476 19.96600 1167
33 Čad̄avica 44.37178 19.34831 491
34 Korenita 44.48985 19.30783 261
35 Štira 1 44.44366 19.25502 526
36 Štira 2 44.45272 19.24496 391
37 Pritoka Uvca 43.52039 19.80133 948
38 Ljubišnica 43.61730 19.86022 1018
39 Katušnica 43.65501 19.83772 896
40 Cvetkova reka 42.74631 22.32128 1380
41 Jarčev potok 42.66968 22.33745 1258
42 Simonova reka 42.67491 22.34782 1258
43 Samokovska reka 1 43.30976 20.78675 1506
44 Samokovska reka 2 43.32760 20.76281 1506

2.2. Macroinvertebrate Sampling and Processing

Samples were collected using the kick and sweep sampling method from all micro-
habitat types according to European standards [23] with an FBA hand net (25 × 25 cm,
mesh size 500 μm). According to Tubić et al. [24] the kick and sweep sampling method
is more effective compared to quantitative Surber net sampling in terms of general taxa
richness and taxa richness within the main components of the benthic communities in the
water body type of small- to medium-sized streams with a predominantly coarse bottom
substrate.

The biological material was pooled and transferred to sample containers (250 mL) and
preserved with 70% ethanol. The benthic macroinvertebrates were identified based on their
morphological characteristics using stereomicroscope Zeiss Stemi 2000C (×50) (Carl Zeiss
Microscopy, LLC, White Plains, NY, USA) and Nikon SMZ 800N (×75) (Nikon Instruments
Inc., Melville, NY, USA), Zeiss Axio Lab. A1 (×630) (Carl Zeiss Microscopy, LLC, White
Plains, NY, USA) at the lowest possible taxonomic level using appropriate identification
keys [25–28].

2.3. Biological Metrics

The following biological metrics were used for the analysis and comparison: EPT
index, total number of taxa per sample (No. of taxa), Saprobic Index (SI) [29], Biological
Monitoring Working Party (BMWP score) [30], Diversity Index/Shannon-Wiener Index
(H′) [31], number of sensitive taxa (No. of sensitive taxa), percentage participation of
subfamily Tubificinae (Oligochaeta) (Tubificinae %). Average Score Per Taxon (ASPT) is a
slightly modified version of BMWP score. It is calculated by dividing the BMWP values by
the sum of the relative abundances of the present families. As it is based on the values of
the BMWP score, it was not taken into account.

In accordance with the national legislation and the established class boundaries for
the metrics, the relevant parameters were used to assess the ecological status of each river
type based on macroinvertebrate metrics [22]. This is represented with the ecological
quality classes (EQC). The ecological status assessed as high corresponds to class I, good
corresponds to class II, moderate corresponds to class III, poor corresponds to class IV
and bad corresponds to class V. The EQC obtained for selected types of watercourses were
taken into account in order to compare them with the values of the biological indices used
for the assessment of water quality according to the national legislation.

2.4. Data Analyses

All metrics calculations, based on macroinvertebrate taxa lists, were performed using
the ASTERICS 4.04 software package [32]. This software is commonly used in similar
studies [24,33] as a tool for assessing ecological quality in European streams with benthic
macroinvertebrates.
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The obtained metric values were tested for normality by the Kolmogorov–Smirnov
test. Since the variables lacked normality of distribution, nonparametric tests were applied.
Spearman’s nonparametric correlation test (p < 0.05) was used to assess the relationship
between the EQC and EPT index, No. of taxa, SI, BMWP score, H′ and No. of sensitive
taxa and Tubificinae % for three types of watercourses. The relationship between EQC
and biological indices was analyzed using principal component analysis (PCA). PCA
was performed for all ecological indices with respect to EQC, aiming to understand the
ordination. IBM SPSS Statistics for Windows Software (Version 22.0; IBM Corp, Armonk,
NY, USA) was used for the data processing.

3. Results

The ecological characteristics of the community recorded at the 44 studied sites cor-
respond to the communities typical of hilly and mountainous watercourses. Insects were
the most dominant group in the community. Mayflies, stoneflies and caddisflies were
recorded at all sampling sites as an important component of the community. Together they
represented 28 families and 95 taxa (8/30 mayflies, 6/18 stoneflies, 14/47 caddisflies fami-
lies/taxa). Species Taeniopteryx nebulosa (Linnaeus, 1758), Baetis (Baetis) pavidus Grandi, 1949
and Epeorus (Ironopsis) yougoslavicus (Samal, 1935) classified as strictly protected according
the national legislation were recorded) [34]. The number of recorded representatives of the
EPT group and their presence or absence in the three types of analyzed water bodies are
shown in Table 2 below.

Table 2. List of recorded EPT taxa in three types of watercourses [21].

No. Order Family Taxon Type 3 Type 4 Type 6

1 Ephemeroptera Baetidae Baetis (Acentrella) sp. x x
2 Baetis (Baetis) alpinus (Pictet, 1843) x x x
3 Baetis (Baetis) fuscatus (Linnaeus, 1761) x x x
4 Baetis (Nigrobaetis) muticus (Linnaeus, 1758) x x x
5 Baetis (Baetis) lutheri Müller-Liebenau, 1967 x x
6 Baetis (Baetis) meridionalis Ikonomov, 1954 x
7 Baetis (Rhodobaetis) rhodani (Pictet, 1843) x x x
8 Baetis (Baetis) pavidus Grandi, 1949 * x x
9 Baetis (Baetis) scambus Eaton, 1870 x

10 Baetis (Baetis) vernus Curtis, 1834 x
11 Baetis sp. x x x
12 Cloeon (Cloeon) dipterum (Linnaeus, 1761) x x

13 Ephemeridae Ephemera (Ephemera) danica Müller, 1764 x x x

14 Heptageniidae Ecdyonurus (Helvetoraeticus) subalpinus Klapalek, 1907 x
15 Ecdyonurus (Ecdyonurus) aurantiacus (Burmeister, 1839) x
16 Ecdyonurus (Helvetoraeticus) helveticus Eaton, 1883. x
17 Epeorus (Epeorus) sylvicola (A.E Pictet, 1865) x x x
18 Epeorus (Ironopsis) yougoslavicus (Samal, 1935) * x x x
19 Ecdyonurus (Ecdyonurus) venosus (Fabricius, 1775) x x x
20 Ecdyonurus sp.
21 Heptagenia (Heptagenia) sulphurea (Müller, 1776) x x x
22 Rhithrogena gr. semicolorata (Curtis, 1834) x x x

23 Caenidae Caenis macrura Stephens, 1835 x
24 Caenis luctuosa (Burmeister, 1839) x x x

25 Potamanthidae Potamanthus luteus (Linnaeus, 1767) x

26 Oligoneuriidae Oligoneuriella rhenana (Imhoff, 1852) x x x

27 Leptophlebiidae Habrophlebia fusca (Curtis, 1834) x x
28 Paraleptophlebia submarginata (Stephens, 1835) x x x

29 Ephemerellidae Ephemerella ignita (Poda, 1761) x x x
30 Torleya major (Klapalek, 1905) x x x

31 Plecoptera Chloroperlidae Chloroperla sp. x
32 Siphonoperla torrentium (Pictet, 1841) x
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Table 2. Cont.

No. Order Family Taxon Type 3 Type 4 Type 6

33 Leuctridae Leuctra gr. hippopus Kempny, 1899 x x x
34 Leuctra fusca (Linnaeus, 1758) x

35 Nemouridae Amphinemura sulcicollis (Stephens, 1836) x x
36 Nemoura sp. x x x
37 Protonemura montana Kimmins, 1941 x x
38 Protonemura praecox (Morton, 1894) x
39 Protonemura sp. x

40 Perlidae Perla marginata (Panzer, 1799) x x x
41 Dinocras megacephala (Klapálek, 1907) x x x
42 Dinocras sp. x

43 Perlodidae Isoperla gramatica (Poda, 1761) x x x
44 Isoperla obcura (Zetterstedt, 1840 x
45 Isogenus nubecula Newman, 1833 x
46 Perlodes microcephalus (Pictet, 1833) x

47 Taeniopterygidae Taeniopteryx nebulosa (Linnaeus, 1758) * x x x
48 Rhabdiopteryx acuminata Klapálek, 1905. x x

49 Trichoptera Rhyacophilidae Rhyacophila pubescens Pictet 1834 x
50 Rhyacophila fasciata Hagen, 1859 x x

51 Rhyacophila dorsalis (Curtis, 1834) x x
52 Rhyacophila tristis Pictet, 1834 x x x
53 Rhyacophila torrentium Pictet, 1834 x
54 Rhyacophila obliterata McLachlan, 1863 x x
55 Rhyacophila vulgaris Pictet, 1834. x
56 Rhyacophila sp. x x

57 Glossosomatidae Glossosoma sp. x x

58 Hydroptilidae Hydroptila occulta (Eaton, 1873) x

59 Philopotamidae Philopotamus montanus (Donovan, 1813) x

60 Hydropsychidae Hydropsyche incognita Pitsch, 1993 x
61 Hydropsyche instabilis (Curtis, 1834) x
62 Hydropsyche fulvipes (Curtis, 1834) x x
63 Hydropsyche pellucidula (Curtis, 1834) x x x
64 Hydropsyche tabacarui Botosaneanu, 1960 x
65 Hydropsyche sp. x x x
66 Cheumatopsyche lepida (Pictet, 1834) x x

67 Polycentropodidae Plectrocnemia conspersa (Curtis, 1834) x x
68 Polycentropus flavomaculatus (Pictet, 1834) x
69 Cyrnus trimaculatus (Curtis, 1834) x x

70 Psychomydae Psychomyia pusilla (Fabricius, 1781) x x
71 Tinodes sp. x

72 Brachycentridae Brachycentrus montanus Klapalek, 1892. x x x
73 Brachycentrus subnubilis Curtis, 1834 x
74 Micrasema morosum (McLachlan, 1868) x
75 Micrasema setiferum (Pictet, 1834) x

76 Limnephilidae Ecclisopteryx madida (McLachlan, 1867) x x
77 Halesus digitatus (Schrank, 1781) x
78 Micropterna lateralis (Stephens, 1837) x
79 Potamophylax cingulatus (Stephens, 1837) x x x
80 Limnephilus auricula Curtis, 1834 x x
81 Limnephilus sparsus Curtis, 1834 x
82 Melampophylax melampus (McLachlan, 1876) x x
83 Anabolia furcata Brauer, 1857. x
84 Allogamus uncatus (Brauer, 1857) x
85 Chaetopteryx villosa (Fabricius, 1798) x
86 Glyphotaelius pellucidus (Retzius, 1783) x

87 Goeridae Goera pilosa (Fabricius, 1775) x x
88 Silo pallipes (Fabricius, 1781) x
89 Silo nigricornis (Pictet, 1834) x
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Table 2. Cont.

No. Order Family Taxon Type 3 Type 4 Type 6
90 Lepidostomatidae Lepidostoma hirtum (Fabricius, 1775) x

91 Leptoceridae Athripsodes aterrimus Stephens, 1836 x
92 Athripsodes cinereus (Curtis, 1834) x
93 Adicella sp. x
94 Sericostomatidae Sericostoma personatum (Kirby and Spence, 1826) x x x

95 Odontoceridae Odontocerum albicorne (Scopoli, 1763) x x

Notes: x—taxa recorded at certain types of watercourses; *—strictly protected species according to Official
Gazette [34].

In type 3 watercourses, 194 taxa of benthic macroinvertebrates were identified. Insects
were the principal components of the macroinvertebrate communities with 142 taxa. The
EPT groups (53 taxa) were one of the main components of macroinvertebrate communities.
A significant number of recorded taxa belongs to the orders Ephemeroptera (23.8% of
the total community, 23 taxa), Plecoptera (1.03%, 6 taxa) and Trichoptera (7.21%, 24 taxa)
(Figure 2).

Figure 2. (a) Total number of taxa, number of Insecta taxa, and number of EPT taxa at three types of
watercourses; (b) Number of taxa of EPT orders, Ephemeroptera (E), Plecoptera (P), Trichoptera (T)
at three types of watercourses.

In type 4 watercourses, a total of 136 taxa were identified in the macroinvertebrate
community at the analyzed sites. In terms of taxa richness and number of individuals,
insects were the dominant group in the community (78.16%, 121 taxa). Of the identified
insects, almost half of the community (57 identified taxa) belonged to the target group
(EPT) organisms in terms of taxa richness and number of individuals with 89.64%/22 taxa,
7.21%/12 taxa and 3.14%/19 taxa (Figure 2).

Of the 14 sites analyzed that belonged to a type 6 watercourse, 159 benthic macroin-
vertebrate taxa were identified. In terms of the number of taxa, the most diverse group
was the Insecta (132 taxa). The EPT groups represented an important component of the
community at the sites surveyed and were represented by a total of 63 taxa. Regarding the
percentage of these three taxonomic groups, Ephemeroptera were the most represented
with 22.12% of the total macroinvertebrate community recorded, while Plecoptera and
Trichoptera were represented with 7.61% and 5.4% of the total number of taxa recorded,
respectively. Ephemeroptera with 21 taxa and Plecoptera with 15 taxa recorded, had a high
diversity in the total community. Trichoptera (27 taxa) had the highest number of taxa in
the total community (Figure 2).

Differences in the distribution of target groups of insects in analyzed types of water-
courses were evident. The structure of the Ephemeroptera community in respect to three
different types of watercourses is shown in Figure 3. The family Baetidae was present
with the largest number of species (12) and the species Baetis rhodani (Pictet, 1843) was
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the representative of the Ephemeroptera group with a significant abundance in all three
types of studied water bodies. The species Ecdyonurus (Helvetoraeticus) subalpinus Klapalek,
1907 was only found in type 4, but it was the most abundant species of the Ephemeroptera
group, along with Baetis (Baetis) alpinus (Pictet, 1843).

Figure 3. Average abundance of Ephemeroptera taxa at three types of watercourses (individuals/m2).
The most abundant species are indicated by red bars.

The species Leuctra gr. hippopus Kempny, 1899, was the representative of the Plecoptera
group, and was recorded with a significant abundance in all three types of studied water
bodies, with type 3 showing the highest values. In water types 4 and 6, species Protonemura
montana Kimmins, 1941, and Siphonoperla torrentium (Pictet, 1841), which favor watercourses
at higher altitudes, with a domination of larger substrates, were the most numerous among
the Plecoptera. (Figure 4).

Figure 4. Average abundance of Plecoptera taxa at three types of watercourses (individuals/m2).
The most abundant species are indicated by red bars.

With regard to the participation of the Trichoptera group at the investigated localities,
the dominant family was the Limnephilidae with 11 species recorded. Depending on the
type of water body, different species were found. Psychomyia pusilla (Fabricius, 1781) in
type 3, Micrasema setiferum (Pictet, 1834) in type 4 and Chaetopteryx villosa (Fabricius, 1798)
in type 6 were the most abundant species (Figure 5).
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Figure 5. Average abundance of Trichoptera taxa at three types of watercourses (individuals/m2).
The most abundant species are indicated by red bars.

Indicative status assessment was carried out according to the procedure based on the
class boundaries and in accordance with current legislation [22]. Analyzed localities were
classified in the ecological quality classes from I (high ecological status) to V (bad ecological
status).

In the type 3 watercourses, most sites have a poor or bad ecological status, mainly due
to the low values of EPT index. Good ecological status was achieved on five sites, while
moderate ecological status was recorded on six sites (Table 3).

Table 3. Values of biological indices and assessed ecological quality class for each type 3 locality
according to the national legislative of the Republic of Serbia [22].

Metrics/Localities 1 2 3 4 5 6 7 8 9 10 11 12

No. of taxa 28 35 26 12 17 19 40 16 29 17 11 6
I I I III II II I II I II III IV

SI 2.389 1.769 1.99 2.196 2.589 1.919 1.759 2.433 1.818 2.256 1.947 2.179
III II II II III II II III II III II II

BMWP Score 93 88 76 49 30 75 136 41 113 42 50 20
I II II IV IV II I IV I IV III V

ASPT 5.812 5.867 6.333 6.125 4.286 6.25 6.182 4.1 6.278 5.25 5.556 5
II II II II III II II III II II II II

H′ 2.211 1.819 1.791 1.441 2.369 1.829 2.002 1.046 1.059 2.428 2.159 0.703
I II II III I II II IV IV I II IV

EPT index 10 11 10 3 2 9 17 1 12 4 5 2
III III III V V III I V II IV IV V

No. of Families 19 20 15 11 11 13 32 13 21 9 9 4
I I I II II I I I I III III IV

Tubificinae % 2.78 0.00 0.34 2.13 0.00 0.00 0.14 1.65 0.00 4.27 0.00 0.00
* * * * * * * * * * * *

EQC III III III IV V III II V IV IV IV V

Metrics/Localities 13 14 15 16 17 18 19 20 21 22 23 24
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Table 3. Cont.

Metrics/Localities 1 2 3 4 5 6 7 8 9 10 11 12

No. of taxa 15 16 51 19 32 30 28 19 26 5 9 20
II II I II I I I II I IV IV I

SI 1.949 1.97 2.198 2.078 1.096 1.939 1.98 2.213 1.956 2.98 2.705 2.493
II II II II I II II III II IV III III

BMWP Score 32 36 128 33 121 138 87 82 122 21 11 31
IV IV I IV I I II II I V V IV

ASPT 4 6 5.333 4.714 6.722 6.9 6.214 6.308 7.625 5.25 2.75 3.875
III II II III II II II II I II V IV

H′ 2.46 2.473 3.103 2.328 2.627 2.943 2.506 1.74 2.42 1.427 1.665 2.634
I I I I I I I II I III II I

EPT index 3 3 11 6 20 13 14 8 15 2 1 3
V V III IV I II II III II V V V

No. of Families 9 7 29 13 22 22 19 17 21 5 6 11
III III I I I I I I I III III II

Tubificinae % 2.13 0.00 1.47 5.11 0.00 0.00 3.35 0.41 0.00 44.44 23.91 5.88
* * * / * * * * * / / /

EQC V V III IV II II II III II V V V

Notes: * Good status; / Good was achieved.

In type 4 watercourses, good ecological status was achieved at three analyzed sites.
One site was characterized by poor ecological status, while moderate ecological status was
recorded at the other two sites (Table 4).

Table 4. Values of biological indices and assessed ecological quality class for each type 4 locality
according to the national legislative of the Republic of Serbia [22].

Metrics/Localities 1 2 3 4 5 6

No. of Taxa 39 22 45 44 26 26
I I I I I I

SI 1.409 1.701 2.177 1.413 1.396 2.019
I II III I I II

BMWP Score 151 106 130 184 118 70
I I I I I II

ASPT 7.55 7.067 6.842 6.815 6.556 7.778
I I II II II I

H′ 2.127 1.402 2.715 2.697 1.861 2.585
II III I I II I

No. of sensitive taxa 13 8 13 13 6 3
I I I I I III

EPT index 23 17 19 27 15 9
I II I I II IV

Tubificinae % 0.00 0.00 2.59 0.00 0.00 0.00
* * * * * *

EQC II III III II II IV
Note: * Good status.

Based on the values obtained, it can be concluded that, overall, good ecological status
was achieved in the studied type 6 watercourses, based on most of the parameters analyzed.
A moderate ecological status was found at four localities (Table 5).

Results of the Spearman correlation test (p < 0.05) showed a correlation of EQC with
all biological indices (Table 6). It showed negative correlation with BMWP score, H′, No. of
taxa, EPT index and No. of sensitive taxa, while positive correlation was observed for the
values of SI and Tubificinae %. Results showed a strong negative correlation of EQC with
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EPT index, BMWP score and No. of sensitive taxa, while other obtained correlations are of
medium strength.

Table 5. Values of biological indices and assessed ecological quality class for each type 6 locality
according to the national legislative of the Republic of Serbia [22].

Metrics/Localities 1 2 3 4 5 6 7 8 9 10 11 12 13 14

No. of Taxa 34 26 19 28 27 23 26 38 48 20 7 4 16 32
I I I I I I I I I I I II I I

SI 1.391 1.784 2.084 1.898 1.717 2.05 1.686 1.444 1.657 1.257 1.967 1.686 2.116 1.828
I II III II II III II I II I II II III II

EPT index 16 13 8 12 12 7 11 23 21 9 5 2 4 13
* * * * * * * * * * * * * *

No. of sensitive taxa 11 5 3 7 9 2 8 8 10 6 3 1 2 4
* * * * * * * * * * * / * *

Tubificidnae % 0.00 0.00 0.00 0.00 0.00 0.17 2.27 0.00 0.00 0.00 0.00 0.00 4.57 0.00
* * * * * * * * * * * * * *

EQC II II III II II III II II II II II III III II

Notes: * Good status; / Good status was achieved.

Table 6. Statistically significant values of Spearman correlation coefficient among values of EQC and
SI, BMWP score, H′, No. of taxa, Tubificinae %, EPT index, and No. of sensitive taxa in analyzed
watercourses.

Metrics EQC

SI 0.6818

BMWP score −0.7356

H′ −0.5239

No. of taxa −0.6879
Tubificinae % 0.4379

EPT Index −0.8165

No. sensitive taxa −0.7625

Two principal components were extracted from the biplot and accounted for 77.14% of
the total variation in the dataset (Figure 6). The first principle component (PC1) accounted
for 60.51% of the variability, with EPT index, BMWP score and No. of sensitive taxa as
the parameters that contributed most to the separation (Figure 6, Table 7). The second PC
(PC2) explained 16.63% of the total variance, with SI, No. of taxa and Tubificinae % as the
parameters that contributed most to the separation (Figure 6, Table 7).

Table 7. Loadings of the variables on the principal components (PC). The parameters that contributed
most to the separation are marked in bold.

Metrics PC 1 PC 2 PC 3 PC 4 PC 5 PC 6 PC 7

SI 0.12873 0.22732 0.00423 0.11183 0.49766 0.01228 0.01795

BMWP score 0.21024 0.00821 0.00007 0.06461 0.12799 0.14680 0.44208

H′ 0.09873 0.07702 0.53114 0.19859 0.09095 0.00101 0.00257

No. of taxa 0.09158 0.13495 0.46399 0.23881 0.06641 0.00108 0.00317

Tubificinae % 0.05256 0.52954 0.00047 0.29940 0.10380 0.00847 0.00575

EPT Index 0.21460 0.01177 0.00003 0.07411 0.00810 0.16843 0.52297

No. of sensitive taxa 0.20356 0.01118 0.00008 0.01264 0.10510 0.66194 0.00551
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Figure 6. Principal Component Analysis (PCA)—projection of the relative contribution of the biologi-
cal indices used in the assessment of ecological status and obtained EQC.

4. Discussion

The ecological characteristics of the recorded community at the analyzed sites corre-
spond to the communities usually found in the hilly and mountainous rivers [21,22,35].
The EPT larvae are generally prevalent in the upper reaches of rivers and the assessment of
water quality based on these three insect orders is sufficiently accurate [36,37]. According
to Pastuchova [38], the composition and distribution of the three orders is determined by
their physiological tolerance to a wide range of environmental variables.

The largest number of taxa was found in the Trichoptera group in all three types of
analyzed water bodies. Individual taxa within the Trichoptera group, which are numerous,
are typical representatives of a particular water body type, in which they occur in large
numbers. Trichoptera are a very important component of aquatic ecosystems. Many
Trichoptera species are sensitive to pollution, so their presence and relative abundance are
used for biological assessment and monitoring of water quality [39].

They are followed by the Ephemeroptera group, which has slightly fewer taxa at the
analyzed sites, but more abundant occurrence. A similar structure of the Ephemeroptera
community can be observed in the 4 and 6 watercourse types. It is one of the most
abundant groups of aquatic macroinvertebrates in all types of freshwater habitats, but its
higher species diversity is characteristic of lotic habitats, especially the upper reaches of
fast-flowing streams and rivers [40,41].

It can be seen that the Plecoptera community is more diverse and abundant in sites
with a higher altitude; it is a significant component of running water ecosystems. Most
members from this order are known to be intolerant to variation in their environmental
conditions [42,43]. The stonefly sensitivity to variation in abiotic factors may lead to the
extinction of taxa. In this regard, the Plecoptera is one of the most endangered groups of
aquatic insects [44].

Species Taeniopteryx nebulosa (Linnaeus, 1758), Baetis (Baetis) pavidus Grandi, 1949 and
Epeorus (Ironopsis) yougoslavicus (Samal, 1935), classified as strictly protected according to
the national legislation, were important from a conservational point of view [34]. These
stenovalent species are considered endangered in the lotic habitats of Serbia due to the
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small number of populations and the relatively distant and isolated biotopes, especially
regarding the parameters of temperature, oxygen and water velocity.

The biological metrics analyzed in our research (No. of taxa, SI, BMWP score, H′ index,
No. of sensitive taxa, Tubificinae %) are known to be some of the most important indicators
of water quality [33,45,46]. All these indices are a measure of the occurrence of taxa that are
considered bioindicators of water quality. They vary considerably with the specific type of
stressor, which means that they describe changing environmental conditions very well [47].

Shannon–Wiener H′ index, measuring the diversity of species in a community, which
takes into account both abundance and evenness, is used to characterize species diversity.
Values may vary directly with water quality, and low diversity may indicate an unstable
community [31]. Results showed a medium strength correlation for H′ index with EQC
(Table 6).

On the other hand, results showed a strong negative correlation of EQC with BMWP
score and EPT index. The BMWP is the sum of individual values of all families present
in the sample, multiplied by their relative abundance, which are actually indicators of
the sensitivity of the taxa to organic pollution. This study confirms the importance of
taking into account the family level in ecological assessments and biomonitoring programs
development. Indices based on the genus and species taxonomic levels, such as the EPT
index among others, are needed to improve the understanding of responses on the family
level and the detection of specific pollution [48]. As the EPT group is included in the
calculation of the BMWP score, since they have a low tolerance to pollution, many families
from these three insect groups are assigned high scores. Therefore, it was expected that the
values of the BMWP score would not deviate much from the values of the EPT index [49].

Furthermore, the results showed a strong negative correlation of EQC with the number
of sensitive taxa. The number of sensitive taxa is based on the concept of the presence or
absence of indicator taxa at the sampling site. Most indicator taxa belong to the EPT group,
as they tend to be very sensitive to different forms of pollution [8]. The list was included as
part of the Fauna Aquatica Austriaca in 2004 [50]. Taxa that are considered sensitive have
a narrow range of environmental requirements (e.g., stenotopic, stenoeceous) and react
intolerantly to environmental disturbances. The inventory contains taxa with a wide range
of sensitivity to physical, chemical and hydromorphological degradation.

The PCA also confirms previous results, given that biological indices that contributed
the most to the separation on the PC1 axis were the EPT index, BMWP score and No. of
sensitive taxa (Figure 6, Table 7).

On the other hand, the values of the metrics SI and the percentage participation of the
subfamily Tubificinae (Oligochaeta) in the macroinvertebrate community, whose higher
values reflect a higher degree of pollution, were accompanied by a decrease in the values of
the EPT index at most sampling sites. The values of the SI and Tubificinae indices showed
a statistically positive correlation with the values of the EQC (Table 6). The results of PCA
analysis are in accordance with those previously mentioned, given that the parameters that
contributed the most to the separation on the PC2 axis were No. of taxa and Tubificinae %
(Figure 6, Table 7).

The Saprobic Index (SI) is one of the most traditional biological metrics commonly
used to assess water quality. It focuses on the tolerance of species to organic pollution and
is measured by a combination of the biological oxidation demand of a water sample and
the presence of certain indicator organisms in the habitat. High values in the SI indicate a
high level of organic pollution and a moderate to poor ecological status [29].

The oligochaete group comprises a large number of species that cover a broad spectrum
of pollution sensitivity. Oligochaetes are usually the most dominant taxa in fine/sandy
freshwater sediments. Analyzing the percentage of Tubificinae gives an indication of
sediment contamination. The presence of the subfamily Tubificinae (Oligochaeta) indicates
poor water quality of these sites, but also the presence of a habitat suitable for these
organisms (silt, clay mud and sand) [45].
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Pollution by organic matter and nutrients, as well as hydromorphological degradation,
as the main factors affecting aquatic ecosystems in Serbia are most pronounced in the
lowland regions. Population density, agricultural activities and industry in the country
are mainly located in the lowlands [51,52]. As the benthic community changes under the
various pressure, the abundance of populations of sensitive taxa decreases and the abun-
dance of tolerant species increases [53]. Percentage participation of subfamily Tubificinae
and values of SI describe a change in environmental conditions in this type of watercourses
very well [45,54].

However, sites where higher values of BMWP score and parameters based on the
number of taxa (EPT index and H′) were expected, indicated poor to bad conditions as well,
especially at altitudes under 500 m (Tables 3 and 5). Therefore, the overall status of these
sites was categorized as poor or bad, taking into account the poorer value of the individual
metrics used to assess the overall water quality class [2]. On most investigated sampling
sites, the value of the EPT index determined the overall EQC. Results confirmed a strong
negative correlation of EQC with the EPT index.

The macroinvertebrate fauna of aquatic ecosystems has changed as a result of various
pressures such as organic and chemical pollution, land use and hydromorphological
alterations, as well as biological invasions. There is a growing need for cost and time
efficient methods that can provide rapid results and assess a wide range of water quality
statuses [55,56]. This has led to the use of rapid bioassay protocols [9] and the selection of
appropriate biological indices that effectively and adequately reflect the state of the aquatic
ecosystem.

The EPT metrics are also included in multimeric indices that have a broader applica-
tions for assessing the condition of streams, such as the Benthic Macroinvertebrate Index
of Biotic Integrity (B-IBI) [57] and the Invertebrate Community Index (ICI) [58]. Richness
metrics, including that of EPT have a direct connection to biodiversity studies conducted in
a wide variety of flowing waters, which is why this index is suitable for water assessment
outside the country of Serbia as well.

This study has shown that water quality assessments based on the EPT index are more
reliable in less polluted watercourses, especially in pristine environments. The EPT index
is a relatively accurate and effective tool compared to other indices we have used to detect
water disturbance and classify water quality.

5. Conclusions

The representatives of the orders Ephemeroptera, Plecoptera and Trichoptera were
recorded at all sampling sites, making more than half of the macroinvertebrate community
at investigated hilly and mountainous ecosystems in Serbian waters. The results confirmed
the sensitivity of the EPT index, represented by the sum of the taxa richness of these three
orders, to changes in the macroinvertebrate communities in these types of water ecosystems.
Higher values of the EPT index are found in water bodies with no or low pollution, while
lower values of this index indicate an increase in pollution. In addition, these aquatic
insects respond to a wide range of potential pollutants and respond to both short-term and
long-term conditions that affect water quality.

This study showed a strong negative correlation between the EQC and EPT index,
BMWP score and a number of sensitive taxa. Also, results of the PCA analysis are in
accordance with the obtained results. As the EPT group is included in the calculation
of these two metrics, results showed that the values of the BMWP score and number
of sensitive taxa would not deviate much from the values of the EPT index. It can be
concluded that the EPT index values effectively and adequately confirm changes in water
quality in hilly and mountainous small- to medium-sized streams with predominantly
hard bottom substrates. This index reflects the state of the aquatic ecosystem and provides
an accurate overall picture of water quality. It proved to be self-sufficient and reliable for
water quality assessment in these types of water bodies. In addition, it proved to be an
important tool for the prioritization of measures and the revision of the Water Management
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Plan for the territory of the Republic of Serbia. Furthermore, this index can also serve as a
useful tool for early detection of pollution.

The EPT index should not be used to assess watercourses known to have low EPT
taxa richness, such as lowland rivers at altitudes under 500 m, especially large rivers with
fine substrate (silt, clay mud and sand) or slow flowing/stagnant water bodies (artificial
channels and reservoirs—heavily modified water bodies) where the pollution-tolerant
groups are more significant. Moreover, this index is not suitable for the assessment of
urban watercourses which are under higher anthropogenic pressure.

Having the above in mind, the overall status assessment is a complex matter. There is
still a need for more intensive studies and further testing of the effectiveness of various
indices used to assess water quality of different types of watercourses.
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49. Bylak, A.; Kukuła, K.; Ortyl, B.; Hałoń, E.; Demczyk, A.; Janora-Hołyszko, K.; Maternia, J.; Szczurowski, Ł.; Ziobro, J. Small
Stream Catchments in a Developing City Context: The Importance of Land Cover Changes on the Ecological Status of Streams
and the Possibilities for Providing Ecosystem Services. Sci. Total Environ. 2022, 815, 151974. [CrossRef] [PubMed]

50. Moog, O.; Graf, W.; Janecek, B.F.U.; Ofenböck, T. Inventory of Sensitive Taxa of Austrian Rivers and Streams. In Fauna Aquatica Aus-
triaca, Katalog zur Autökologischen Einstufung Aquatischer Organismen Österreichs; Teil, V., Moog, O., Eds.; Wasserwirtschaftskataster,
Bundesministerium für Land- und Forstwirtschaft, Umwelt & Wasserwirtschaft: Wien, Germany, 2003; pp. 1–15.

51. Liška, I.; Wagner, F.; Sengl, M.; Deutsch, K.; Slobodník, J. Joint Danube Survey 3: A Comprehensive Analysis of Danube Water Quality;
Final Scientific Report; International Commission for the Protection of the Danube River: Vienna, Austria, 2015; Volume 223.

52. Liška, I.; Wagner, F.; Sengl, M.; Deutsch, K.; Slobodník, J.; Paunovic, M. Joint Danube Survey 4 Scientific Report: A Shared Analysis of
the Danube River; International Commission for the Protection of the Danube River: Vienna, Austria, 2021.

53. Kupilas, B.; Friberg, N.; McKie, B.G.; Jochmann, M.A.; Lorenz, A.W.; Hering, D. River Restoration and the Trophic Structure of
Benthic Invertebrate Communities across 16 European Restoration Projects. Hydrobiologia 2016, 769, 105–120. [CrossRef]
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Abstract: This study was carried out at the Danube River and its tributaries during the Joint Danube
Survey 4 (JDS4) expedition. Three freshwater benthic species were used to estimate the quantity
of microplastics (MPs): Corbicula spp., Limnodrilus hoffmeisteri (Claparede, 1862), and Polypedilum
nubeculosum (Meigen, 1804). Following the kick and sweep technique, individuals were sampled using
a hand net or dredge. In order to estimate the number of MP particles/individual particles/g wet
body mass, the body mass and total length of all specimens were measured. Alkaline (Corbicula spp.
and L. hoffmaisteri) and enzymatic (P. nubeculosum) protocols were performed for tissue degradation.
All samples were filtered through glass microfiber filters (mesh size 0.5 μm). The particles were
photographed, measured, and counted. A total of 1904, 169, and 204 MPs were isolated from
Corbicula spp., L. hoffmaisteri, and P. nubeculosum, respectively. To confirm the chemical composition
of isolated MPs, a subsample of 46 particles of the fragmented particles from 14 sampling sites was
analysed via μ-ATR-FTIR spectroscopy analysis. The particles were characterised as polycarbonate
(PC), polyethylene terephthalate (PET), polypropylene–polyethylene copolymer (PP-PE), nylon
(polyamide-PA) and cellophane, with the domination of PET.

Keywords: microplastic; pollution; Danube River; macroinvertebrates; μFTIR spectroscopy

1. Introduction

Plastic is a synthetic organic polymer which originates from natural derivatives ob-
tained mainly from crude oil, natural gas, or coal. Particles within the size range from
1 μm to 5 mm are referred to as microplastics (MPs) [1]. MPs are created by mechanical
erosion, solar radiation, and the biodegradation of larger plastics [2] or are manufactured in
extremely small sizes for special products (toothpaste, creams, and cleaning products) that
can end up in freshwaters [3]. The global mishandling of synthetic organic polymer waste
and low recycling rates have led to a significant increase in plastic pollution. Its ubiquitous
presence and non-degradable characteristics are directly related to its persistence in the
environment, on a scale range of tens to hundreds of years [4]. A rough estimate predicts
that 80% of plastic litter in marine ecosystems is land-based, with rivers serving as its pri-
mary pathways [5]. On a global scale, the transport of plastic debris from rivers to the sea is
estimated at 1.2 to 2.4 million tons every year [6]. Given the substantial amount of plastics
transferring through estuarine systems and the relatively limited reports on microplastic
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pollution in this ecosystem compared to the marine environment, priority research on MPs
abundance, distribution, characteristics, and ecological impacts on estuaries is warranted.

Since the 1950s, 5 billion metric tons (MTs) of plastics have accumulated in the
environment [7]. It is estimated that by the end of the century, between 2.5 × 107 and
1.3 × 108 metric tons will be in the ocean [8]. Although the number of ecotoxicolog-
ical microplastic studies has increased significantly in the last decade [9], 77% of the
publications reported results on marine organisms, while only 23% have been based on
freshwater research [10]. The research focus of MPs has been directed toward effects on
the freshwater ecosystems. The presence and occurrence of MPs were documented in
urban rivers [11–13] and lakes [14–17]. Klein et al. [18] analyzed the shoreline sediments
of the Rhine-Main area in Germany and Zbyszewski and Corcoran [19] in Lake Huron,
Canada, to name just a few. In addition to its ubiquitous presence, MPs have a vector
role, as a transport medium for invasive species [20], harmful algal bloom (HAB) [21], or
opportunistic pathogens [22,23].

In the present study, the occurrence of MPs in benthic macroinvertebrates was in-
vestigated in the Danube River and its tributaries. The Danube River Basin (DRB) flows
across 19 countries, occupying an area of 801,463 km2 with a population of over 80 million
inhabitants in its proximity. The DRB covers nine ecoregions, and it is classified as a special
case study from the aspects of conservation and management issues [24]. As it passes
through different countries, the Danube accumulates MPs, and the number of MPs in the
Danube vastly outnumbers fish larvae [12]. MPs in freshwater tend to sink at a much
faster rate than in marine environments since freshwater has less density. Biofouling is
further increasing the mass of MPs and is aiding in their deposition and accumulation in
the sediment. The filtering activities of filter feeders likely have a very significant role in
MP circulation by removing MPs from the water column and depositing them in sediments
through incorporation into feces and pseudofeces. Previous studies on MPs and biota
within freshwater ecosystems have shown that MPs can be ingested by organisms from
sediments and that the ability of macroinvertebrates to ingest MP depends on their feeding
habits [25]. MPs accumulated in aquatic organisms are transferred via the food chain, and
they directly affect the entire aquatic ecosystem [26]. Macroinvertebrates as widespread
organisms could be suitable as bioindicators for assessing MP pollution within the different
ecological niches, such as the water column and/or freshwater sediment. The reports
of MPs in freshwater environments have mainly focused on the biota at higher levels in
the food chain, such as fish [27,28]. Several field data have highlighted MP ingestion by
freshwater macroinvertebrates [25,29–32]. More recently, Bertoli et al. [33] focused on the
influence of feeding guilds and habits of macroinvertebrates on MP ingestion. Few studies
have focused on the ingestion of MPs with respect to freshwater insects [34,35] and the
role of freshwater benthic macroinvertebrates in MP transfers from aquatic to terrestrial
ecosystems [36].

The Asian clam (Corbicula spp.) inhabits a wide range of freshwater habitats across the
world, including the Danube River [37]. As benthic filter feeders with intensive activities,
bivalves accumulate a considerable amount of MP particles from the environment, which is
why they have been extensively used in MP studies lately [38]. Bivalves have a longer life
cycle compared to other macroinvertebrates, with low mobility, which is suitable for MP
studies, especially because they indicate the state in the microhabitat. Bearing in mind that
their habitat is the entire Danube in high abundance [39] and other rivers, the Asian clam
was selected as the target organism for this MP study. On the other hand, some aquatic
oligochaetes are considered suitable for bioaccumulation studies and are included in the
standard guidelines because they are easy to culture, have a high biomass yield, are tolerant
to various physico–chemical properties of sediments, and are exposed to pollutants via
pore water and ingested sediment [40]. L. hoffmeisteri (Naididae: Tubificinae) is tolerant to
organic pollution and is the dominant species in almost all oligochaete assemblages along
the Danube [41], together with P. nubeculosum, which are considered suitable bioindicators
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for assessing the effects of different pollutants on freshwater biota [42]. As non-specific
feeders, chironomids can ingest MPs instead of food particles [25,43].

The main aim of the present study was to quantify MPs ingested by Corbicula spp.,
Limnodrilus hoffmeisteri, and Polypedilum nubeculosum from the Danube and its tributaries.
The study investigated the ingestion of MPs under real environmental conditions in differ-
ent freshwater macroinvertebrates, taking into account particle size, shape and polymer
type, and whether it is ingested/detected at different sites along the main course of the
Danube and its tributaries.

2. Materials and Methods

2.1. Sampling Sites and Procedure

The study was conducted on the Danube River and its main tributaries. The macroin-
vertebrates from 23 sampling sites were analyzed, of which 15 were on the Danube, and
8 were on the tributaries (Hron, Tisza, Sava, Velika Morava, Iskar, and Jantra) (Figure 1;
Table S1 in the Supplementary Materials).

 
Figure 1. Area of investigation with sampling sites along the Danube River and its tributaries
(adapted from https://www.danubesurvey.org/jds4/ (accessed on 2 February 2024).

Samples were collected in summer 2019 by the national Joint Danube Survey 4 (JDS4)
teams. Following the multi-habitat procedure [44], individuals were sampled by the kick
and sweep (K&S) sampling technique according to European Standards [45] using a hand
net (ap. 25 cm × 25 cm, mesh size 500 μm). The iron-forked mouth of the triangle-shaped
dredge with a collection net (mesh size 500 μm) was used for the deep water area. The
dredge was pulled five times per sampling site. Each transect was considered as a separate
sample. The sampling methodology is described in [46].
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The samples of freshwater macroinvertebrates were counted, separated, and identi-
fied in the laboratory relative to the lowest possible taxonomic level using the following
identification keys: Moller Pillot [47,48], Vallenduuk and Moller Pillot [49], Pfleger [50],
and Timm [51].

2.2. Preparation of the Samples for MP Isolation

To eliminate MP contamination during the work, deionized water was filtered through
0.5 μm pore size, 47 mm GF/B glass microfibres (Whatman, Kent, United Kingdom). In
order to assess potential post-sampling airborne contamination with MPs during the
experimental procedure, the digestion processes without tissues (“blank”) in 3 replicates
per species have been checked for MP contamination.

2.3. Isolation of MPs

In total, 216 specimens of Corbicula spp., 130 specimens of L. hoffmeisteri, and
79 specimens of P. nubeculosum were used for MP isolation. The body mass and to-
tal length were measured for all specimens, with the addition of the total mass and
total width of the shell of Corbicula spp. The tissue of each specimen was rinsed with
pre-filtered deionized water and placed into glass beakers. Although numerous ap-
proaches have been developed for the extraction of MPs, the alkaline protocol has mostly
been used for soft tissues (e.g., Corbicula spp. and L. hoffmaisteri), while only enzymatic
protocols are effective for the digestion of chitinous organisms (e.g., P. nubeculosum). All
organisms were digested in a pool of 10 specimens or less, depending on the number of
individuals collected at the sampling sites.

The samples were processed using the alkaline protocol [52]—treatment with 10%
(w/w) potassium hydroxide (KOH)—and incubated for 12 h at 65 ◦C in the water bath
with a rotation speed of 80 rpm. For the enzymatic protocol, proteinase K was used as
per Cole et al. [53].

The solution was filtered through 0.5 μm mesh-size glass microfiber filters. The
samples were stored in a rinsed sterile glass Petri dish. The filtrated material was treated
with 30% hydrogen peroxide, if needed, in order to remove the remaining organic matter.
The minimum size of examined particles was 16 μm in length.

The occurrence of MPs in the organisms is expressed as item/organism and item/g
wet weight (ww), where the items are divided based on fibrils and fragments as separate
categories.

2.4. Particle Analysis

MPs of a size range from 16 μm to 5 mm were processed. The particles were clas-
sified into two main categories: fragments and fibres. All MPs were counted visually
and photographed using a Leica MZ16A stereomicroscope (Leica microsystems, Wetzlar,
Germany)(10×/21 B ocular and from 20× to 50× objective magnification) with a Leica
DFC320 Digital Camera system (Leica microsystems, Wetzlar, Germany), and MPs were
measured using calibrated scales in the program ImageJ (version 1.54) [54].

2.5. Micro-Fourier Transform Infrared Spectroscopy (μFTIR)

The fragment particles identified to be the most common in the samples along the
Danube River and its tributaries were further chemically characterized by μFTIR. Out of
23 localities, 14 were selected for infrared measurements. Fibres were excluded from the
μFTIR analysis due to technical challenges. Due to the high cost of μFTIR analyses on
a large sample size, at least the 3 largest fragment particles per sample were randomly
selected from the most diverse samples. In total, 46 MP fragments were analysed (see
Table S2 in the Supplementary Materials). Infrared measurements were performed with
individual manual readings of the particles using a Nicolet iN10 Fourier transform infrared
microscope with a micro-attenuated total reflection (ATR) accessory and liquid nitrogen-
cooled MCT detector in the ATR mode and carrying out 128 scans at a resolution of 4 cm−1.
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The μFTIR method for the identification of MPs provides confident chemical composition
information [55].

The OMNIC Pictra Software (version 8.1.0.19) was used to identify the samples,
comparing their spectra with the spectra from the Hummel-Polymer Sample Library.

2.6. Data Analysis

The morphometric parameters of the individuals and particles per organism and
per g−1 body mass were statistically described with an average value and standard
deviation (SD). The relation between morphometry-based metrics (length, height, total
mass, and body mass) and the number of isolated MPs was obtained using a non-
parametric Spearman’s rank correlation test.

3. Results

MPs were detected in all samples of Corbicula spp. (1904 particles), L. hoffmeisteri
(169 particles) and P. nubeculosum (204 particles). On average, the following were detected
per sampling site: from 2.7 to 19.5 fibres/individual and 1.2 to 9.2 fragments/individual
in Corbicula spp.; from 0.4 to 1.6 fibres/individual and 0.2 to 1.5 fragments/individual in
L. hoffmeisteri; and from 0.5 to 2.4 fibres/individual and 0.5 to 2.2 fragments/individual
in P. nubeculosum. In “blank” samples, on average, six fibres were identified, indicating
airborne contamination. Therefore, fibres were excluded from μFTIR analyses. Fragments,
films, or hard MPs were never present in blank samples. Selected organisms differed
according to morphometric parameters (Table 1). The correlation between morphometric
parameters and a number of isolated MPs was not significant (Spearman’s rank correlation
test; p > 0.05).

Table 1. Average values of morphometric parameters.

Corbicula spp. L. hoffmeisteri P. nubeculosum

TL ± SD 14.23 ± 3.78 8.52 ± 6.17 5.56 ± 2.07

BW ± SD 340 ± 0.21 0.76 ± 0.88 0.45 ± 0.74
Note: TL—total length (mm); BW—body weight (mg); SD—standard deviation.

The ingested particles were within the size ranges from 0.016 to 4.67 mm (Table 2).
Fibres were the dominant category within Corbicula spp. (56.9%) and L. hoffmeisteri
(58%), while the dominant category in P. nubeculosum (50.2%) comprised fragments. In
Corbicula spp., blue-coloured fibres were dominant among fibres within all species, while
transparent fragmented MPs were found to be the most abundant in Corbicula spp., and
black-coloured particles were observed in L. hoffmeisteri and P. nubeculosum.

Table 2. Minimum and maximum length of fibres and fragments.

Corbicula spp. L. hoffmeisteri P. nubeculosum

Min Max Min Max Min Max

Fibres 0.08 4.67 0.049 4.61 0.031 4.13

Fragments 0.02 3.22 0.018 0.288 0.016 0.0241
Note: All measures are in mm.

In order to estimate the accumulation of MP particles for each species (216 specimens
of Corbicula spp., 130 specimens of L. hoffmeisteri, and 79 specimens of P. nubeculosum), the
number of isolated fibres and fragments was calculated per organism and per g−1 ww
(Figure 2).
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Figure 2. An average number of fibres and fragments (bars) per (A) organism and (B) g−1 ww for
each species. Lines represent the variance in the number of particles.

The data show a higher abundance of MPs at sampling sites JDS4–3, JDS4–23,
JDS4–24, JDS4–40, and JDS4–41 in Corbicula spp.; JDS4–37 in L. hoffmeisteri; and JDS4–31
in P. nubeculosum along the Danube. The abundance of MPs was higher at sampling sites
JDS4–20, JDS4–35, JDS4–36, and JDS4–38 in Corbicula spp.; JDS4–38 in L. hoffmeisteri; and
JDS4–33 and JDS4–35 in P. nubeculosum on tributaries (Figure 3A).
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Figure 3. The quantities of fibres and fragments in (A) Corbicula spp., (B) L. hoffmeisteri, and
(C) P. nubeculosum at sampling sites along the Danube and its tributaries.

In order to confirm that extracted particles were indeed MPs and to determine the
polymer type of the isolated MPs, Corbicula spp. samples were selected for the μ–ATR–
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FTIR analysis. From the total of 46 particles, 40 were confirmed as plastic polymers via
μ-ATR–FTIR. Analyzed MPs were identified as polycarbonate (12/40), polypropylene–
polyethylene co-polymer (3/40), nylon (Polyamide) (1/40), cellophane (2/40), and PET,
which was the most dominant with 21 particles out of 40 (Figure 4; see Tables S2 and S3 in
the Supplementary Materials).

Figure 4. Results of μ–ATR–FTIR analyses of the MP sample (red line); the chemical substance stan-
dard database (blue/purple line): (A) polycarbonate—JDS4–3_4; (B) polypropylene–polyethylene
copolymer—JDS4–17_2; (C) nylon (polyamide)—JDS4–29_3; (D) cellophane—JDS4–3_1; (E) polyethy-
lene terephthalate—JDS4–35_2.
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4. Discussion

The JDS4 MP study with respect to biota provided comparable information on the
MPs in the biota along 2040 rkm of the Danube, contributing to the general knowledge
of their distribution in biological systems. To the best of our knowledge, besides the
study of Su et al. [56], this is the second study on MPs in benthic macroinvertebrates in
large-spatial-scale rivers.

Our results confirmed that there is no correlation between the morphometric parame-
ters of the organisms and the quantity of ingested MPs. Similar findings are documented
for fish [57] and shellfish [58]. In the case of selected species, the size of the organism does
not affect the quantity of ingested MPs.

Hohenblum et al. [59] reported MPs in the Danube’s Austrian stretch in water samples
with a concentration range of 0.039–0.205 mg/m3 and 0.029–0.516 mg/m3, specifically in
the entry and exit points, respectively. Accordingly, the annual average range of transport
of MPs is estimated from 6 to 66 kg per day in the Austrian Danube River. Isolated particles
in their study are categorized as fragments (over 50%), pellets (4–10%), and green lenticular
flakes (2.1–2.8%), while in this study, the category of fibres was the most dominant.

Scherer et al. [25] demonstrated the ingestion of polystyrene among different fresh-
water invertebrates: Physella acuta (Draparnaud, 1805) (Mollusca), Lumbriculus variegatus
(Müller, 1774) (Oligochaeta), and Chironomus riparius (Meigen, 1804) (Diptera: Chironomi-
dae). Hurley et al. [60] isolated particles from the tissue of Tubifex tubifex (Müller, 1774) from
the Salford Quays basin (Manchester City, UK), where the majority are fibres (87%), while
the rest of the particles are fragments. This is similar to our findings where fibres were
dominant in the samples of Corbicula spp. (56.9%) and L. hoffmeisteri (58%). Lin et al. [61]
detected microgranules (0–28%), microfilms (0–16%), microfragments (3–47%), and microfi-
bres (40–64%) within the midge larvae (Diptera: Chironomidae) at five sampling sites in
the Wu River basin, Taiwan, while in this study, fragments were the dominant category of
particles in P. nubeculosum (50.2%). As the dominant category in most studies, the origin of
fibres has become questionable. Some authors suggested that the majority of fibres have
natural origins, as they are cotton fibres [62]. On the other hand, the extent of plastic use
in the textile industry is dominant, as it is estimated to be the third largest industry for
plastics worldwide [7]. Synthetic textile fibres dominate, with a share of over 60% of total
global textile fibre production in 2019, with 52% being polyester fibres (58 million tons),
followed by polyamides (nylon) with 5% (5.6 million tons) [63].

The negative effects of MPs on freshwater biota have been documented previously.
Exposure to polystyrene MPs caused a decrease in the weight of L. hoffmeisteri and induced
inflammatory responses and sediment-avoidance behaviour [64]. When exposed to MPs,
Asian clams not only showed statistically significant fitness reduction and an increase
in lipid oxidative damage, but neurotoxicity was also detected [65]. In association with
polychlorinated biphenyls (PCBs), MP exposure leads to tubular dilation [66]. No data
have been published for MP ingestion by Polypedilum nubeculosum species, but various
studies have demonstrated negative effects on chironomids [43,67,68].

Su et al. [56] provided the results of MP analyses in C. fluminea in the Middle and
Lower Yangtze River Basin. Their results show that Asian clams are a good bioindicator
for describing MP pollution, especially for sediments, as in 61 out of 63 samples of Asian
clams, MPs are detected. Su et al. [56] reported abundance ranges from 0.3 to 4.9 items/g
wet body mass and from 0.4 to 5.0 items/individual per site. MP pollution in C. fluminea
from Taihu Lake (China) resulted within the range of 0.2–12.5 items/g wet mass [69].
Baldwin et al. [70] have isolated 18 to 105 MP particles per individual, with a mean value
of 51.7 items/organism. Our results show a higher abundance of MP particles in the
Corbicula spp. of DRB in comparison to the mentioned studies in China, indicating the
pressure caused by plastic pollution in the Danube Basin. The size range of all MPs in
this study was from 0.016 to 4.67 mm, which is a very similar size range of particles
ingested by Asian Clams from the middle–lower Yangtze River Basin, from 0.021 to
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4.02 mm [56], and the Taihu Lake, from 0.05 to 5 mm [69]. In addition, all previous
studies [56,69,70] documented the dominance of fibres ingested by C. fluminea.

Cellophane was dominant in C. fluminea from the Taihu Lake, followed by PET,
polyester, and polypropylene [69]. Our study showed that PET particles (used for the
production of plastic bottles) were dominant in the Corbicula spp. samples from the
Danube, while cellophane was present with lower abundances. It should be noted that
cellophane particles can be difficult to identify via infrared spectroscopy in the presence of
cellulose because of their similar molecular structure [71]. For the infrared identification
of cellophane, we selected larger irregular-shaped particles that are not characteristic of
natural regularly ordered structures like fibres and compared them with spectra from the
library. These particles achieve a spectral matching score of 60% for cellophane and 37%
for cellulose. The domination of PET fragments in the samples, besides potentially high
quantities in the Danube, could be due to the clam’s preference for ingestion. Li et al. [52]
demonstrated a higher intake of PET fibres (4.1 items/g) than five other polymer types (1
item/g or less). In addition, natural colour particles (brown and white) are identified as
calcium carbonate. Thus, these subcategories should be analysed with much more scrutiny
in future analysis in order to avoid the misidentification of MPs with inorganic materials.

The results are reasonable because PET is used in manufacturing plastic bottles, which
could be found floating in rivers. Over time, mechanical forces, sunlight, and biological
processes altogether break down macroscopic plastic bottles into smaller pieces, which
became available to smaller organisms. The specific density of PET is 1.38 g cm−3, which
is already dense by itself and sufficient for sinking to the sediment. In addition, after the
microbial or algal inhabitancy of the plastic surface, MPs became even denser and can sink
into the sediments easier. Their increased presence in the downstream region of the Danube
could not only be explained by local pollution but also by the floating plastic debris from
upper stream regions, which are more developed. The data from this study could indicate
that tributaries greatly contribute to MP loads in the Danube. Furthermore, the higher
presence of MP debris on sites JDS4-37, JDS4-40 and JDS4-41 could indicate the influence of
Belgrade, as well as the tributaries Sava and Velika Morava.

Lechner et al. [12] estimated an average of 7.5 g of plastic litter per 1000 m3 s−1 with
respect to the mean flow (4.2 t per day or 1533 t per year), transported via the Danube to
the Black Sea.

Some of the bivalves are widely used in the human diet. At the time of con-
sumption, commercially grown bivalves Mytilus edulis and Crassostrea gigas contain on
average 0.36 ± 0.07 and 0.47 ± 0.16 particles g−1 ww (wet weight), respectively [72].
The same study concluded that 250 g ww of mussels or 100 g ww of oysters results
in the ingestion of 90 or 50 particles of MPs, respectively. When estimated per year,
humans ingest 11,000 MP particles just through a diet of bivalves [72]. The presence
of marine MPs in seafood could potentially be a threat to food safety because of the
additives in plastics, mainly endocrine disruptors phthalates and bisphenol A [73] or
the adsorption of POPs, PCBs, PAHs, organo-halogenated pesticides, nonylphenol,
and dioxins [74–76] on the MPs’ surface.

Freshwater Asian clams are invasive species [77] and are useful bioindicators of
emerging contaminants [78,79], including MPs [69]. Due to increasing synthetic pollution
in aquatic environment, there is a need to include MPs in the standard procedures of water
analysis in order to gather more data on this problem.

5. Conclusions

The present study is the first field study to investigate 2040 km of the Danube River,
and to the best of our knowledge, the second study on MPs in macroinvertebrates in
the river. MPs isolated from Corbicula spp. showed the presence and bioavailability of
five types of polymers—cellophane, polyamide, polypropylene–polyethylene copolymer,
polycarbonate, and PET, which was the most dominant polymer (58%).
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The analyzed parameters (number of MPs per site, mean number of MPs per individ-
ual per site, and mean number of MPs per body mass—g/wet weight) indicated a higher
MP load for tributaries, as well as an important influence of tributaries and settlements on
the presence of MP debris in the Danube.

The results of the JDS4 MPs study confirmed that bivalves are suitable test organisms
for the assessment of MP loads in the aquatic environment.

As benthic macroinvertebrates are an important component of food chains, as well
as the basis of many services and functions of freshwater ecosystems, such as nutrient
cycling and water quality, assessing the ecological risk of MPs in freshwater ecosystems is
crucial for the successful implementation of strategies to ensure clean water supplies and
to prevent the loss of biodiversity in freshwater. Therefore, further standardised studies
providing comparable data on MPs in biota within the Danube River Basin using Asian
clams are not only needed but other test organisms are also needed in order to assess the
MP load and possible consequences more accurately. In addition, the uptake of particles,
pathways, and quantities and their relation to particular size need to be further studied.
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Author Contributions: Conceptualization, M.P.; methodology, M.R., D.M. and J.S.; formal analysis,
J.S., B.J., N.P., K.R. and D.L.; investigation, J.S., N.P., J.T. and A.A.; resources, M.P.; data curation, J.S.;
writing—original draft preparation, J.S., D.M. and M.R.; writing—review and editing, D.M., M.P.,
B.J., N.P., J.T., A.A. and M.R.; visualization, J.S., B.J., N.P., K.R. and D.L.; supervision, D.M., M.P. and
M.R.; project administration, M.P.; funding acquisition, M.P. All authors have read and agreed to the
published version of the manuscript.

Funding: This research was funded by the Ministry of Science, Technological Development and
Innovation of the Republic of Serbia (Contract No. 451-03-47/2023-01/200007).

Data Availability Statement: Data is contained within the article (and Supplementary Materials).

Acknowledgments: We are grateful to the ICPDR for familiarizing us with the physiognomy of the
River Danube during several Joint Danube Surveys. Special thanks should be given to Igor Liška
(ICPDR Secretariat), Jaroslav Slobodník (logistic officer of the four JDS missions), and Franz Wagner
(chairman of the Monitoring and Assessment Working Group of ICPDR), who all provided essential
help for the successful actions of the Core Team during all Danubian activities of our group.

Conflicts of Interest: The authors declare no conflicts of interest.

References

1. Hale, R.C.; Seeley, M.E.; La Guardia, M.J.; Mai, L.; Zeng, E.Y. A Global Perspective on Microplastics. J. Geophys. Res. Ocean. 2020,
125, e2018JC014719. [CrossRef]

2. Andrady, A.L. Microplastics in the Marine Environment. Mar. Pollut. Bull. 2011, 62, 1596–1605. [CrossRef] [PubMed]
3. Lambert, S.; Wagner, M. Microplastics Are Contaminants of Emerging Concern in Freshwater Environments: An Overview. In

Freshwater Microplastics: Emerging Environmental Contaminants; Wagner, M., Lambert, S., Eds.; Springer International Publishing:
Cham, Switzerland, 2018; pp. 1–23, ISBN 978-3-319-61615-5.

4. Gregory, M.R.; Andrady, A.L. Plastics in the Marine Environment. In Plastics and the Environment; John Wiley & Sons: Hoboken,
NJ, USA, 2003; pp. 379–401, ISBN 9780471721550.

5. Bowmer, T.; Kershaw, P.J. (Eds.) GESAMP. In Proceedings of the GESAMP International Workshop on Plastic Particles as a Vector
in Transporting Persistent, Bio-Accumulating and Toxic Substances in the Oceans, Paris, France, 28–30 June 2010; GESAMP
Reports & Studies No. 82. pp. 1–68.

6. Lebreton, L.C.M.; van der Zwet, J.; Damsteeg, J.-W.; Slat, B.; Andrady, A.; Reisser, J. River Plastic Emissions to the World’s Oceans.
Nat. Commun. 2017, 8, 15611. [CrossRef] [PubMed]

7. Geyer, R.; Jambeck, J.R.; Law, K.L. Production, Use, and Fate of All Plastics Ever Made. Sci. Adv. 2017, 3, e1700782. [CrossRef] [PubMed]
8. Everaert, G.; Van Cauwenberghe, L.; De Rijcke, M.; Koelmans, A.A.; Mees, J.; Vandegehuchte, M.; Janssen, C.R. Risk Assessment of

Microplastics in the Ocean: Modelling Approach and First Conclusions. Environ. Pollut. 2018, 242, 1930–1938. [CrossRef] [PubMed]
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Abstract: This research addresses the pressing issue of protecting endangered lamprey species in
Croatia, a crucial element in preserving biodiversity, particularly in the face of increasing human-
induced impacts on natural ecosystems due to global warming. Lampreys, a group of vertebrates
with an ancient lineage, are not fully understood taxonomically, posing a challenge to conservation
efforts. In the Danube and Adriatic basins of Croatia, where lampreys are found, the lack of modern
molecular methods and analyses has hindered an accurate determination of species numbers. This
study aimed to bridge this knowledge gap by assessing the genetic diversity and structure of
identified lamprey species and lineages in Croatia using the gene for cytochrome b. The research
revealed four distinct lineages within the species Eudontomyzon vladykovi Oliva and Zanandrea, 1959
and confirmed the presence of the species Eudontomyzon danfordi Regan, 1911 in Croatia. Genetic
diversity and differentiation tests, coupled with molecular diagnostic analyses, indicated moderate to
high levels of genetic diversity within and between the identified species and lineages, emphasizing
the deep structuring within Eudontomyzon vladykovi species. These results highlight the significance
of understanding lamprey taxonomy and genetic diversity for effective conservation. The study
provides important insights into the intricate relationships and conservation needs of lampreys,
and provides a basis for future discussions involving additional genetic markers. By gaining a
comprehensive understanding of the taxonomy, ecology, and genetic diversity of lampreys, we can
ensure their conservation and that of associated ecosystems.

Keywords: lamprey diversity; phylogenetic insights; taxonomy; evolution; freshwater conservation;
Eudontomyzon genus

1. Introduction

The Croatian Danube basin is home to a remarkable diversity of fish species, a result
of the interplay of historical events and geological processes. The Danube River and its
tributaries, which cover a large part of the country, are home to a wide variety of species
as a result of biogeographical separation and evolutionary processes. Geological forces,
including the uplift of the Dinarides, tectonic activity, and the formation of the Central
Paratethys Basin, have significantly influenced the area. These events, coupled with the
effects of glacial and interglacial periods, have facilitated the creation of harbors for fish
populations during glacial periods and their subsequent dispersal to rivers in central and
northern Europe after the last glaciation [1]. With its distinctive geomorphological and
hydrological features, the Danube basin and its tributaries are emerging as a hotspot of
European ichthyofaunal diversity, housing an impressive 81 species of freshwater fish
species (64 native and 17 invasive species) [2–5].

Among this great diversity of fish in the Croatian Danube basin, a fascinating group of
animals, the lampreys, can be found, either buried in the substrate or swimming freely in
the water. Lampreys are elongated and scaleless organisms widely distributed in temperate
waters, with the exception of tropical and polar regions [6]. Their fascinating life cycle has
attracted the interest of scientists [7–12] and varies among species and is influenced by
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diet and ecological conditions. During the larval stage, known as ammocoetes, lampreys
burrow in the sand for several years before metamorphosing and growing, making them
ecosystem engineers [13]. Some species migrate to the sea to feed or reproduce, while
others remain in freshwater. During the trophic phase, lampreys feed as parasites, and in
some cases, this phase is absent. These peculiar life cycles and behaviors explain why they
are rarely caught in their natural habitats and why they are so little studied. Lampreys
belong to the Agnatha class, which means that they lack jaws and have a permanently
open mouth [6,14,15]. Despite belonging to a distinct superclass (Agnatha) that has not
undergone significant anatomical change in the past 360 million years [16], lampreys are
often lumped together with fishes (superclass: Gnathostomata) in the literature.

The reported number of lamprey species in Croatia varies in different publications
from the last decade and earlier [3,4,17]. Globally, the Petromyzontidae family comprises
10 genera and 40 described species [18], and 13 species are found in Europe, with one
species now extinct [17]. Earlier field studies in Croatia identified five species, including
Lethenteron zanandreai (Vladykov, 1955), Petromyzon marinus Linnaeus, 1758, Eudontomyzon
danfordi Regan, 1911, Eudontomyzon mariae (Berg, 1931), and Lampetra planeri (Bloch, 1784) [4].
However, a recent list of Croatian freshwater ichthyofauna only includes three species:
Eudontomyzon vladykovi Oliva and Zanandrea, 1959, Lampetra soljani Tutman, Freyhof, Duli,
Glamuzina, and Geiger, 2017, and Petromyzon marinus Linnaeus, 1758 [3]. The difference
in the number of species is explained by incorrect determination, the frequent use of
synonyms in the literature, and the lack of molecular genetic analysis [3]. The identification
of lamprey is usually based on morphological observations, such as the position of the
dorsal fins, the relative position of the cloaca and dorsal fins, the position of the eyes, the
structure of the oral funnel, the teeth and laminae, and the number of myomers [17–19].
As morphlogical determinations are not always accurate and lampreys lack countable
structures such as fin rays, shells, or ossified structures [18,20], it is necessary to use
molecular and genetic methods in order to resolve their taxonomy. To solve the problem,
modern genetic techniques, molecular analyses, and phylogenetic reconstructions are
necessary but have not yet been carried out for lampreys in Croatia.

The purpose of this research is to provide important information on the genetic
diversity and distribution of lamprey species in the Danube basin in Croatia, which will
help in their conservation and management. Furthermore, the results of this study will
contribute to a better understanding of the evolutionary history and biogeography of
lampreys in Europe and the Black Sea basin. Owing to the combination of methods applied
to the Petromyzontidae family, the results of the analyses conducted will finally reveal
some of the secrets hidden in the genetic material of these secretive organisms and provide
accurate data on the phylogeny of lampreys in the study area.

2. Materials and Methods

2.1. Sampling

Individuals of adult lampreys and ammocoetes were sampled from 20 streams (a total
of 39 different localities along 13 different river catchments): Bednja, Mura, Drava, Voćinska
river, Krapina, Sutla, Mrežnica, Dobra, Kupa, Kupčina, Korana, Radonja, Una, Glina, Ilova,
Česma, Sava, Danube, Orljava, and Bosna (Figure 1). A total of 103 individuals were caught
using the electrofishing method or randomly by hand (Table 1). A small part of the dorsal
fin was cut off with scissors, and the individuals were released. The collected fin samples
were stored in tubes filled with 96% ethanol, together with information on the location of
the catch. The samples were stored in a freezer at −20 ◦C (to prevent degradation of the
DNA sample) until further analysis.
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Figure 1. Map of the research area with sampling localities marked with numbers from 1 to 39.
Location numbers correspond with numbers in Table 1, where more information on localities
is presented.

Table 1. Distribution (loacalities) and number of samples of cytochrome b haplotypes of lampreys in
the rivers of the Danube basin.

Locality
(Name & Number)

Drainage System
Number of
Samples (n)

cyt b Haplotype
GenBank Accession
Numbers

Maslenjača (1) Ilova 1 DUN2 PP661384

Toplica, Daruvar (2) Ilova 2 DUN2 PP661384

Lešće (3) Dobra 7 DOB1, DUN2 PP661393,
PP661384

Sunja (4) Sava 8 KUP6, SAV5 PP661399,
PP661390

Osijek (5) Drava 1 DRA1 PP661378

Voćin (6) Drava 7 DRA2, DRA3, DRA5
PP661379,
PP661380,
PP661382

Štorgač (7) Drava 1 DUN1 PP661383

Repaški most (8) Drava 1 DRA4 PP661381

Petrijevci (9) Drava 1 DRA1 PP661378

Ivanečka Željeznica (10) Bednja 1 BED1 PP661376

Bednja (11) Bednja 2 BED1 PP661376

Voća (12) Bednja 4 BED1, BED2 PP661376,
PP661377

Bubnjarci (13) Kupa 1 DUN 2 PP661384
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Table 1. Cont.

Locality
(Name & Number)

Drainage System
Number of
Samples (n)

cyt b Haplotype
GenBank Accession
Numbers

Brod na Kupi (14) Kupa 2 KUP1, KUP2 PP661394,
PP661395

Lazina (15) Kupa 1 KUP3 PP661396

Pribanjci (16) Kupa 1 DUN2 PP661384

Furjašnica (17) Korana 2 KUP4 PP661397

Brezova Glava (18) Korana 2 KUP5, DUN2 PP661398,
PP661384

Stubička Slatina (19) Sava 1 KRA1 PP661385

Brzaja (20) Sava 5 SAV4 PP661389

Pakra (21) Sava 7 PAK1, PAK2, PAK3,
DUN2

PP661402,
PP661403,
PP661404,
PP661384

Bručina (22) Kupa 3 DUN2 PP661384

Ruševnica (23) Kupa 1 KUP6 PP661399

Glinica (24) Kupa 1 KUP6 PP661399

Čemernica (25) Kupa 1 UNA1 PP661400

Buzeta, Šibine (26) Kupa 4 KUP6, DUN2 PP661399,
PP661384

Žirovnica (27) Una 2 UNA1, UNA2 PP661400,
PP661401

Petrinjčica (28) Kupa 5 SAV3, SAV4, DUN2
PP661388,
PP661389,
PP661384

Lupinjak (29) Sava (Sutla) 3 SAV1, SAV2 PP661386
PP661387

Mostanje (30) Mrežnica 2 MRE1, DUN2 PP661392,
PP661384

Batina (31) Dunav 1 DUN1 PP661383

Goričan (32) Mura 1 DUN1 PP661383

Orljava (33) Orljava 4 SAV4, SAV6 PP661389,
PP661391

Živković kosa (34) Korana 1 RAD1 PP661407

Ušće Lašve (35) Bosna 2 BOS1, BOS2 PP661405,
PP661406

Terezino polje (36) Drava 5 DRA3 PP661380

Bukvik (37) Drava 5 DRA3 PP661380

Jaševnica (38) Kupa 2 KUP3, DUN2 PP661396,
PP661384

Ozalj (39) Kupa 2 DUN2 PP661384

Note(s): GenBank accession numbers will be provided in the proof, however, alignments can be sent to the editor,
if needed.

2.2. Laboratory Protocols

Laboratory procedures included DNA isolation, gene amplification by polymerase
chain reaction, and verification of amplification by agarose gel electrophoresis. DNA
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isolation was conducted using a DNeasy Blood & Tissue chemical kit according to the
protocol of the kit manufacturer, QIAGEN (Amsterdam, Netherlands). The protocol for
gene amplification by polymerase chain reaction was optimized to obtain the best products,
and PCR conditions and primers are listed in Table 2. PCR products obtained and verified
by electrophoresis were sent to the Macrogen Service Centre for sequencing using the same
primers that were used for PCR amplification.

Table 2. Protocol for PCR reaction and used primers.

Genetic Marker cyt b

PCR conditions 35 cycles of 45 s at 92 ◦C, following
90 s at 48 ◦C, following 105 s at 72 ◦C

PCR primers

ProK
(5′TTATTTAATGTTAAGATRCTAGCTTTGG3′)
Pak-Glu F
(5′CACCGTTGTAGAATTCAA CTATAAG3′)

The molecular marker chosen for analysis in this study was the cytochrome b (cyt b)
gene. As part of mitochondrial DNA and also a coding gene, its mutation rate is usually
lower than other gene markers, making it suitable for phylogenetic analyses at species and
supraspecific levels. It was chosen because it has shown the best performance and yielded
the most reliable results in previous studies of phylogenetic structure, relationships, and
taxonomic research [2,21], particularly in recovering phylogenetic relationships among
closely related freshwater fish taxa [22,23].

2.3. Data Analyses
2.3.1. Sequence Alignment

Sequences were aligned using the BioEdit Sequence Alignment Editor version 7.2.5 [24]
and compared to previously published sequences. Visual checks were performed on
chromatograms and alignments to ensure accuracy.

2.3.2. Neutrality Test and Analyses of Population Genetic Diversity and Polymorphism

Genetic diversity within the identified lineages and species was assessed by estimating
measures of DNA sequence polymorphisms using the DnaSP 5.10 program [25]. To gain
an understanding of gene flow and genetic differentiation of lineages, estimates of genetic
differentiation (χ2, Hst, Kst, Kst*, Z, Z*, and Snn) of the lineages and their support were
computed in addition to specific measurements of DNA polymorphisms. Sequences
obtained from the captured individuals were used as input data for genetic statistical
tests of diversity. Neutrality tests Tajima’s D, Fu and Li’s D, and F tests were performed
and showed that the data set is in mutation-drift equilibrium (not statistically significant,
p < 0.05) also using the DnaSP 5.10 program [25].

2.3.3. Phylogeographic and Evolutionary Analyses

Phylogenetic reconstruction was performed to confirm the phylogenetic position
of lampreys from the Croatian Danube basin within the phylogenetic tree of the genus
Eudontomyzon, to reveal relationships among them, and to test whether the phylogenetic
position of each population is consistent with reported taxonomic hypotheses. Two different
phylogenetic reconstruction methods were employed: maximum parsimony (MP) and
maximum likelihood (ML), implemented in PAUP v.4.0a [26]. For MP analysis, a heuristic
search mode with 100 replicates was used, with a randomized input order of taxa and
tree bisection-reconnection (TBR) branch swapping, giving equal weight to all codon sites
and nucleotide substitution types weighted equally. ML analysis was performed under
the heuristic search option using the TBR branch-swapping algorithm. Branch support
(BS) was assessed by nonparametric bootstrapping (1000 pseudoreplicates, ten additional
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sequence replicates). The length of the MP tree was 163, with a consistency index of 0.6994,
a homoplasy index of 0.3006, and a retention index of 0.7461. With haplotypes as input
sequences for phylogenetic tree and network construction, sequences from the GenBank
were also used (Table 3). Sequences of several Eudontomyzon species from the GenBank
were included in the phylogenetic analyses to provide a clearer insight into the phylogenetic
position of the lampreys from the study area in relation to their European relatives, while
the sequence of Lampetra fluviatilis (accession number: GQ206175.1; Table 3) was used as
an outgroup. The median-joining approach (MJ) was employed as an additional method
using the computer program Network 4.5.1.6 [27]. In the resulting phylogenetic network,
horizontal gene transfers were observed, which can be useful in reconstructing phylogenetic
relationships among closely related taxa.

Table 3. Lamprey cyt b sequences retrieved from the GenBank and included in the phylogenetic and
evolutionary history reconstruction.

Species
bp (Number of
Base Pairs)

Locality
GenBank Accession
Number

Reference

Eudontomyzon danfordi Regan, 1911 1133 Zdychava River (SVK) GQ206158.1 [28]

Eudontomyzon mariae (Berg, 1931) 1133 Ivianka River (UKR) GQ206162.1 [28]

Eudontomyzon stankokaramani
(Karaman, 1974) 1133 Zeta River (MNE) GQ206189.1 [28]

Eudontomyzon vladykovi Oliva and
Zanandrea, 1959 1133 Studenec Creek (SVK) GQ206161.1 [28]

Lampetra fluviatilis (Linnaeus, 1758) 16,159 Garonne Estuary (FRA) NC001131.1 [29]

Eudontomyzon lanceolata (Kux and
Steiner, 1972) 1133 Chakhtsutsyr River (RUS) GQ206176.1 [28]

Lampetra planeri (Bloch, 1784) 1133 Kalte Moldau River (DEU) GQ206149.1 [28]

Lethenteron zanandreai
(Vladykov, 1955) 1133 Vipava River (SLO) GQ206184.1 [28]

Eudontomyzon sp. Dnieper 1164 Ugra River (RUS) KP135487.1 [30]

Eudontomyzon sp. Dnieper 1164 Rudyanka River (RUS) KP135483.1 [30]

Eudontomyzon sp. Dnieper 1164 Sigosa River (RUS) KP135485.1 [30]

Eudontomyzon sp. Dnieper 1164 Vyazma River (RUS) KP135482.1 [30]

Eudontomyzon hellenicus (Vladykov,
Renaud, Kott and Economidis, 1982) 1133 Strymon River (GRC) GQ206160.1 [28]

Lampetra fluviatilis (Linnaeus, 1758) 1133 Luga River (RUS) GQ206175.1 [28]

Eudontomyzon stankokaramani
(Karaman, 1974) 1191 unknown river (SLO) KX787432.1 [31]

Eudontomyzon lanceolata (Kux and
Steiner, 1972) 1191 unknown river (TUR) KX787431.1 [31]

Divergence times between phylogenetic lineages were estimated by a Bayesian MCMC
coalescent method using BEAST 2.4.7 software [32]. The analysis was conducted on the cyt b
data set. Rate homogeneity across phylogenetic lineages was assessed by the log-likelihood
ratio test (LRT), comparing the likelihood of phylogenetic trees (reconstructed using the
maximum likelihood approach) with and without molecular clock enforcement in PAUP
software version 4.0. As the likelihood scores were not the same in both cases for the cyt b
data set, we applied a relaxed molecular clock. Molecular clock calibration was based on the
divergence rate of the cyt b gene in Petromyzontidae of 0.12% per lineage per million years,
as reported by [33]. The divergence rates were drawn from an uncorrelated lognormal
distribution and a Yule speciation prior to a random starting tree. The substitution model
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used was HKY with a gamma-site heterogeneity model. We used default prior distributions
for kappa, frequencies, and alpha, while substitution rate parameters were unlinked across
codon positions. The number of MCMC steps (the length of the chain) was ten million.

The ancestral distribution ranges of lineages were reconstructed using Statistical
Dispersal-Vicariance Analysis implemented in the S-DIVA software version 1.9 [34]. This
method reconstructs the ancestral distribution in a phylogeny by optimizing a three-
dimensional cost matrix, in which extinctions and dispersals ‘cost’ more than vicariance
and determines the statistical support for the ancestral range [34]. Reconstruction of
ancestral geographic ranges was conducted using the cyt b data set. An input set of trees
was generated using Bayesian analysis (BAY). A total of six recent geographic ranges for
Eudontomyzon were denoted (4 of them are marked in Figure 1): A—right tributaries of the
Sava River, C—North Europe, D—tributaries of the Drava and Danube Rivers, E—Central
Europe, F—South Europe.

3. Results

3.1. Phylogenetic Relationships and Distribution of Lampreys in Continental Croatia

The phylogenetic reconstruction of the Petromyzontidae family in the area of conti-
nental Croatia (the Danube basin) is based on the sequences of the gene for cytochrome b
(cyt b) of sampled lampreys and sequences retrieved from the GenBank (Tables 2 and 3).
The cyt b gene sequences were 1191 base pairs long, with 68 variable and 46 parsimony
significant sites (sites with at least two nucleotides occurring at least twice).

A total of 103 newly obtained sequences were combined with sequences retrieved from
GenBank (Table 3) and included in the analyses. With the Croatian sample set, 32 haplotypes
were identified, and five phylogenetic lineages were recovered in the phylogenetic tree
(Figure 2). Four of these lineages, including samples from both the Sava and Drava River
basins in Croatia, belong to E. vladykovi, according to current taxonomy. However, several
samples from the Drava R. basin, particularly from the easternmost part of this river basin
in Croatia and from the Bednja River (the largest left tributary of the Drava River), clustered
together with sequences of E. danfordi from Slovakia in a separate phylogenetic lineage. As
this lineage corresponds to the species E. danfordi, this study confirms for the first time that
the Croatian Drava and Bednja rivers are part of the distribution range of this species.

Another unexpected result is the high amount of cryptic diversity within E. vladykovi,
with at least four clearly separated phylogenetic units whose geographic distributions are
also largely separated. Eudontomyzon vladykovi lineage I is so far, and based on our results,
only repoted from Croatian waters, where it mainly inhabits the northwest part (area of
Hrvatsko zagorje), but also the Mrežnica and Sunja rivers, so that it was found in both the
Sava and Drava river basins. The second lineage, although found in a small number of
samples, occupies a wide but fragmented distribution area. It was also found in both river
basins in continental Croatia. The third lineage within E. vladykovi comprises the largest
number of specimens from Croatia (it is present only in the Sava River basin, but it was
found in a large number of localities), but also from Bosnia and Herzegovina. Lineage IV is
also restricted to the Sava River basin, but is much rarer.

The MJ phylogenetic network (Figure 3), based on the cyt b gene sequences obtained
in this study, corroborates the results visible in the phylogenetic trees. A clear separation
of two species—Eudontomyzon danfordi and four lineages within the species Eudontomyzon
vladykovi—is evident. Once again, there is a particularly high level of diversity within the
E. vladykovi III lineage that needs to be recognized.
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Figure 2. ML phylogram showing the position of Eudontomyzon species in the Danube basin, together
with sequences retrieved from the GenBank based on the cyt b gene. Numbers at nodes represent ML
and MP bootstrap values.

Figure 3. Median-joining network of cyt b haplotypes. Red circles represent median vectors. The
number of mutations is indicated by branches when there are more than two mutations.

3.2. Inter- and Intraspecific Genetic Diversity and Differentiation

The genetic diversity of both species distributed in continental Croatia, as well as
within each of the four E. vladykovi lineages, is moderate to high. A large number of
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haplotypes were determined, as was their high diversity. Furthermore, the average number
of nucleotide differences for the Eutontomyzon vladykovi species and the vladykovi I lineage
is extremely high, indicating a deeper structure and the possibility of the presence of cryptic
diversity (Table 4). It is noteworthy that the haplotype diversity of E. danfordi is only 15%
lower than the haplotype diversity of E. vladykovi, although its distribution area in Croatia
is much smaller and it is present in a much lower number of individuals (15 vs. 88) caught
in this study. However, the average number of nucleotide differences is almost five times
higher in E. vladykovi, indicating that deep structuring is present, in contrast to the uniform
genetic structure of E. danfordi. Moreover, the number of shared polymorphisms is very
low, and they exist only between the E. vladykovi lineage III and all other units, including E.
danfordi (Table 5).

Table 4. Measures of genetic polymorphism for the Eudontomyzon vladykovi lineages and for the
Eudontomyzon danfordi species. N—number of sequences, h—number of haplotypes, S—number
of polymorphic sites, Hd—haplotype diversity, k—average number of nucleotide differences, π—
nucleotide diversity, η—total number of mutations.

Species/Lineage N h S Hd k π η

E. danfordi 15 5 6 0.752 1.524 0.00128 6

E. vladykovi 88 30 53 0.895 7.158 0.00601 54

vladykovi I 16 5 19 0.667 6.983 0.00586 19

vladykovi II 4 2 1 0.5 0.5 0.00042 1

vladykovi III 59 20 23 0.8 2.414 0.00203 23

vladykovi IV 9 3 2 0.556 0.722 0.00061 2

Table 5. Shared polymorphisms on the cyt b gene between lineages.

Species/Lineage Vladykovi I Vladykovi II Vladykovi III Vladykovi IV

E. danfordi 0 0 1 0

vladykovi I - 0 3 0

vladykovi II - - 1 0

vladykovi III - - - 0

The pairwise distances (p-distances) (Table 6) between species and lineages are always
higher than the p-distance within E. danfordi and each of the E. vladykovi lineages. Eudonto-
myzon vladykovi lineages III and IV are the most closely related lineages, which is reflected in
the lowest p-distance between them. On the other hand, as expected, p-distances between
E. danfordi and all E. vladykovi lineages are the highest.

Table 6. p-values between and inside lineages (expressed as a percentage).

Species/Lineage E. danfordi Vladykovi I Vladykovi II Vladykovi III Intraspecific/Intralineage

E. danfordi 0.08–0.41 (0.20)

vladykovi I 1.84–2.68 (2.26) 0.08–1.25 (0.70)

vladykovi II 2.01–2.35
(2.18) 1.09–1.51 (1.30) /

(0.10)

vladykovi III 1.93–2.35 (2.14) 0.83–1.59 (1.21) 1.09–1.42 (1.255) 0.80–0.58
(0.30)

vladykovi IV 1.84–2.09 (1.97) 0.83–1.34 (1.09) 0.92–1.09 (1.01) 0.33–0.75 (0.54) 0.08–0.16
(0.10)
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The distinction not only of species but also of lineages of E. vladykovi lineages is
corroborated by the results of the genetic differentiation tests (Table 7), since there was
no gene flow between species and lineages, indicating that there is no reproduction of
individuals belonging to different lineages.

Table 7. Estimation of the number of migrants per generation between the lamprey lineages of the
Danube basin in Croatia according to [35–37].

Species/Lineage Nm [35] Nm [36] Nm [37]

E. danfordi:E. vladykovi 0.61 0.1 0.11

vladykoviI:vladykoviII 0.67 0.15 0.15

vladykoviI:vladykoviIII 0.53 0.26 0.26

vladykoviI:vladykoviIV 0.51 0.21 0.21

vladykoviII:vladykoviIII 0.74 0.6 0.6

vladykoviII:vladykoviIV 0.06 0.03 0.03

vladykoviIII:vladykoviIV 1.19 0.2 0.2

3.3. Molecular Identification of Species and Lineages

Molecular diagnostic analyses identified sites of fixed differences based on the cyt
b gene. More fixed differences (Table 8) show that the species/lineages diverged earlier
and indicate a large genetic difference between the species/lineages. As expected, the
highest number of fixed differences was observed between Eudontomyzon danfordi and the
phylogenetic lineages of Eudontomyzon vladykovi. However, there are also fixed differences
present between all phylogenetic lineages of the Eudontomyzon vladykovi species. The table
of diagnostic sites (Table 9) shows exactly which sites are involved. It is noteworthy that
each of the E. vladykovi lineages can be unambiguously recognized on the basis of diagnostic
sites in cyt b gene.

Table 8. Fixed differences based on the cyt b gene between lineages.

Species/Lineage Vladykovi I Vladykovi II Vladykovi III Vladykovi IV

E. danfordi 19 24 21 21

vladykovi I - 9 6 6

vladykovi II - - 12 10

vladykovi III - - - 3

Table 9. Fixed differences on the cyt b gene with specified nucleotide sites of fixed differences and
bases present in each lineage indicated. Diagnostic sites for a particular lineage are represented by
nucleotides in colored boxes.

Species/Lineage

Nucleotide Spot E. danfordi Vladykovi I Vladykovi II Vladykovi III Vladykovi IV

36 T C C C C
57 C T T T T
72 C T T T T

156 G A A A A
157 C T T T T
162 T C C C C
312 A G A A A
378 A A G A A
390 T T C T T
480 A G G G G
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Table 9. Cont.

Species/Lineage

Nucleotide Spot E. danfordi Vladykovi I Vladykovi II Vladykovi III Vladykovi IV

483 A G G G G
531 C C C C T
588 A A G A A
630 T T C T T
639 G A A A A
675 T C C C C
726 C T T T T
771 A C C C C
807 G A G G G
813 C C C T C
909 G A A A A
1155 G G A G G

3.4. Evolutionary History of the Family Petromyzontidae in Europe

Evolutionary history analyses based on the cyt b gene (Figure 4) revealed an ancient
origin and long-term evolutionary history of both E. vladykovi and E. danfordi. Separation
of the clade comprising all E. vladykovi lineages from its sister clade comprising E. danfordi,
E. stankokaramani and E. sp. Dnieper occurred in the early Miocene, about 22 mya (million
years ago), whereas these two clades started to diversify around 17 mya. The origin of the
different species and E. vladykovi lineages occurred mostly during the Middle Miocene,
11.6–8.5 mya.

 

Figure 4. Estimates of divergence time based on cyt b sequences of lamprey species. The tim-
ing of divergence events is presented as a mean and a 95% credible interval (in millions of years
ago). Lower and upper bounds of the highest posterior density (HPD) interval; the HPD is the
shortest interval containing 95% of the sampled values. Numbers in squares are bootstrap values.
Colored circles represent the highest probability of the ancestral range (A—right tributaries of the
Sava River, C—North Europe, D—tributaries of the Drava and Danube Rivers, E—Central Europe,
F—South Europe).
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4. Discussion

4.1. Diversity of the Petromyzontidae Family in the Danube Basin in Croatia

As this study was the first to investigate the structure of lamprey populations in
continental Croatia at the molecular genetic level, it provided new and very important
insights. Our results show significantly higher diversity on all levels—species, intraspecific,
and genetic diversity. In addition to E. vladykovi, which was thought to be the only lamprey
species in continental Croatia [3], this study proved that E. danfordi is also present and
that its distribution range includes localities in the Drava River basin. Since its current
distribution range in Croatia comprises the Bednja River (located in the western part of the
Drava River basin) and the easternmost localities (Osijek and Petrijevci), with no reports
of its presence in the Drava River in between, it is possible that the current localities are
remnants of the once wider distribution range of this species, which has been reduced as a
consequence of anthropogenic activities, especially habitat modifications. Regardless of its
small and fragmented distribution range in Croatia, the genetic diversity of E. danfordi is
moderately high, which is consistent with its long-term diversification in the Miocene.

Eudontomyzon vladykovi has a wider distribution in Croatia, inhabiting localities in both
the Drava and Sava river basins. Its genetic diversity is high, and its intraspecific structure
is also very pronounced. Four E. vladykovi lineages can be observed in the phylogenetic
structure of this species, with no observed gene flow between them and mostly distinct
distribution ranges. The origin of E. vladykovi can be dated to the early Miocene (22 mya).
The intraspecific divergences of this species are also of very ancient origin and started
already in the Miocene, 17 mya.

It is noteworthy that although E. vladykovi now has a larger distribution area in the
Sava River basin, our results suggest that its ancestral distribution area was located in
the Drava and Danube River basins, similar to E. danfordi, whose ancestral area was in
the Drava and Danube River basins in Croatia or even further north, in Central Europe.
The time frame of the origin of these two species (early and middle Miocene) corresponds
to the development and evolution of the Danube River basin, which is concordant with
the results of their ancestral ranges. Namely, the Proto-Danube was formed in the North
Alpine foreland basin around 19–18 mya and started its southward migration [38,39].
Interestingly, the period between 17 and 18 mya, which was recovered in this study as
the time of divergence of the E. vladykovi lineages and the origin and evolution of the
species E. danfordi, E. stankokaramani and E. sp. Dnieper, has already been observed as
an important period in the evolutionary history of the fish species distributed in the
Danube River basin. The first major diversification event within the genus Barbus was
also associated with this period [5]. Since the Proto-Danube progressed slowly, reaching
the Vienna basin at 14–13 mya and the Pannonian basin at 10–5 mya [39], it is possible
that the evolutionary history of both E. danfordi and E. vladykovi was largely shaped by
the evolution of the Danube River basin, especially since 10–5 mya is the exact time frame
when the origin of E. vladykovi lineages and the origin of diversification of the Croatian
E. danfordi population occurred. Moreover, the ancestral range of the Croatian E. danfordi
and E. vladykovi lineages was reconstructed in the Drava and Danube River basins. On the
other hand, the ancestral ranges of E. vladykovi lineages I and II are associated with the
right tributaries of the Sava River, indicating the colonization of the Sava River basin at the
same time and the subsequent evolution and diversification of E. vladykovi there. Another
important observation is that some E. vladykovi lineages inhabit the same rivers and river
basins, with no obvious barriers between their localities, that would prevent migration and
gene flow. This implies the presence of reproductive isolation between lineages, but it is
also consistent with their ecology and behavior, particularly their connection with small
patches of suitable habitats. Discovering various aspects of life cycles and diversities in the
ecology and behavior of different E. vladykovi lineages and populations should be the focus
of further investigation.

Given the long-term evolutionary history of both, E. vladykovi and E. danfordi, their high
and moderately high genetic diversity is not surprising and is positive from a conservational
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perspective. Moreover, the absence of population genetic patterns that would imply
bottleneck events indicates that both species have survived glaciations in the waters of
continental Croatia and that glacial events did not have a significant effect on them. Namely,
there is no abruption in their evolutionary history; the intraspecific structure of E. vladykovi,
which originated in the Miocene, is well preserved until now, and intraspecific divergences
of E. danfordi also started in the Miocene and continued until recent times. The waters of
the Danube River basin in Croatia have been reported to serve as glacial refugia for other
freshwater fish species, e.g., Cobitis elongatoides Bacescu & Mayer, 1969 [40], and it is likely
that they also served as glacial refugia for lampreys. Nevertheless, lamprey populations
with high genetic diversity have also been recognized as candidates for protection at several
sites in Italy, Ireland, and Spain [7].

4.2. Taxonomic Implications

Besides revealing a high amount of cryptic diversity within lampreys in the Danube
basin in Croatia, the results of all analyses conducted in this investigation indicate the
necessity of a taxonomic revision of E. vladykovi (also observed by [33] at the European
level) and the possibility that a species complex exists under this name, which, on the
other hand, also has strong consequences for the practical conservation of lampreys in
Croatia. The deep structuring within E. vladykovi observed by phylogenetic reconstruction
and evolutionary history analyses (at least four phylogenetically distant and evolutionarily
independent lineages were observed in this study) is comparable to the structuring within
its sister clade, which comprises E. danfordi, E. stankokaramani, and E. sp. Dnieper. The
origins of both clades occurred in a similar time frame, and the emergence of lineages
included within both clades occurred mostly in the Miocene (11.6–10.25 mya), so it is
surprising that lineages within one clade are all considered to belong to a single species
(E. vladykovi), whereas lineages within the second clade each represent a separate species.
Importantly, no gene flow was detected between the different E. vladykovi lineages, each of
which can be recognized by molecular diagnostic sites in the cyt b gene. Although the above
results are strong indications that each of the recovered E. vladykovi lineages may represent
a separate species, a detailed comparison of morphological characteristics is necessary to
find morphological diagnostic characters. Furthermore, although cyt b recovered cryptic
diversity within E. vladykovi, it is necessary to investigate more genetic markers, including
nuclear genes, in order to reliably resolve the taxonomy of this species or species complex.

4.3. Conservation Recommendations

The channeling of watercourses has been highlighted as the primary cause of endan-
germent at the sites where individuals were captured [41,42]. To preserve these populations,
which harbor such a high level of genetic diversity and contribute to the biodiversity and
ecosystem stability of Croatia, it is necessary to conserve, possibly protect, and prevent
further endangerment of these sites. There is no reason why protective measures should not
be implemented even before taxonomic issues are resolved. Among the sites highlighted
in this study as unique and worthy of protection because of their natural richness are the
areas inhabited by populations of the E. danfordi species, namely the Bednja River area, and
the sites where the Vladykovi II lineage is found, specifically the Mura River basin and
the confluence of the Mura River and Drava rivers. In addition to their genetic diversity,
these sites collectively yielded the fewest individuals captured, suggesting the possible
presence of smaller populations that, due to their size (currently indeterminable), may be
more vulnerable to threats than some populations found in the tributaries of the Sava River.
Furthermore, individuals of the Vladykovi II lineage indicate that populations in these
areas may be crucial for unraveling the evolutionary history of the species E. vladykovi
in Croatia.

Continued conservation efforts are essential to protecting lamprey populations and
their habitats. Habitat restoration initiatives should be prioritized to improve the quality
and connectivity of aquatic environments, particularly in regions where lamprey popula-
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tions are threatened by habitat degradation [8]. Furthermore, the establishment of protected
areas or reserves in critical lamprey habitats is imperative to ensure their long-term survival
and to mitigate human disturbance. Monitoring programs must be developed and used
to track population trends, habitat changes, and human impacts over time, providing
essential data for adaptive management strategies [43]. In addition, outreach and educa-
tion initiatives are essential to raise awareness of the ecological significance of lampreys
and to build support for conservation efforts among local communities and among stake-
holders. Cross-border collaboration is also necessary, working with other countries and
international organizations to coordinate conservation efforts across transboundary river
basins, recognizing the migratory nature of lamprey species and the interconnectedness of
their habitats [44].
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4. Mrakovčić, M.; Brigić, A.; Buj, I.; Ćaleta, M.; Mustafić, P.; Zanella, D. Red Book of Freshwater Fish of Croatia; Ministry of Culture,
State Institute for Nature Protection: Zagreb, Croatia, 2006.
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Abstract: Baiyangdian Lake, the largest freshwater shallow lake on the North China Plain, plays a
pivotal role in maintaining the regional ecological balance and biodiversity. Meiofauna are integral
components of Baiyangdian Lake; however, their community characteristics and relationship with
environmental factors have not yet been studied. The aim of the following study was to evaluate
the density, spatiotemporal patterns, and habitat response dynamics of meiofauna in Baiyangdian
Lake. A field investigation was conducted at 33 sites spanning various habitats, including aquatic
plant-dominant, trench, and pelagic areas, across the spring, summer, and autumn seasons of
2021. The results revealed that the meiofauna in Baiyangdian Lake primarily comprise freshwater
nematodes (91.78%), ostracods, and copepods, with a mean abundance of 69.40 ± 35.20 ind. 10 cm−2,
peaking in the spring, followed by summer and autumn. The mean biomass was 164.95 ± 99.39
dwt. 10 cm−2, with that of ostracods being the most substantial and that of copepods being the
least, with both of them exhibiting seasonal fluctuations. Notably, in the summer, the abundance of
meiofauna was positively correlated with the water depth and negatively correlated with ammonia
nitrogen levels (R2 = 0.13 and R2 = 0.24, respectively; p < 0.05 and p < 0.01; n = 33). The results
of our study indicate that the distribution and abundance of meiofauna are significantly affected
by environmental factors, with the water depth and ammonia nitrogen levels being potential key
determinants. The results of the present study are conducive to evaluating the health status of the
Baiyangdian ecosystem, protecting biodiversity, and studying the impacts of anthropogenic activities
and environmental changes on the lake, and can also provide scientific support for its ecological
restoration and governance as well as the assessment of ecological service functions.

Keywords: meiofauna; spatiotemporal distribution; environmental factors; Baiyangdian Lake

1. Introduction

Meiofauna are crucial to ecosystems, linking material cycles and energy flows and
serving as key indicators of environmental changes [1]. Initially, the nesting and feeding
activities of meiofauna can alter the transportation of particles and microorganisms as
well as the transfer of organic matter, thereby modifying the physical, chemical, and
biological properties of sediments [2]. Meanwhile, their activities significantly influence
the service processes of benthic ecosystems, such as sediment stability, biogeochemical
cycles, and waste emissions, and also exert a direct or indirect positive or negative impact
on the dynamics of food webs [1]. Furthermore, owing to the characteristics of meiofauna,
such as its short life cycle (3–5 generations per year), stable feeding types, and sensitivity
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to disturbances such as pollution, meiofauna have emerged as an important indicator
organism for marine environmental quality [3]. In particular, free-living nematodes, owing
to their biological and ecological traits, can act as indicators of ecosystem health [4]. At
present, significant progress has been made in research on the environmental indication
of meiofauna. For instance, scholars in countries such as Poland, Japan, Switzerland, and
Spain have utilized meiofaunal assemblages to indicate environmental changes, such as
water acidification, anoxic events, water depth variations, and an altered water nutrient
status [5–10]. However, studies on freshwater meiofauna in China, which started in the
1970s, remain limited, with only occasional reports on species [11] and descriptions of
community characteristics [12–17]. Research on the distribution of meiofauna and their
response to environmental changes remains limited.

Meiofauna can function as environmental indicator organisms because meiofaunal
assemblages and spatiotemporal distribution are substantially influenced by environmental
changes [18]. The distribution of meiofauna is notably influenced by environmental factors,
such as transparency, chlorophyll a (Chl a), water depth, water temperature, dissolved
oxygen (DO), ammonia nitrogen (NH3-N), nitrate nitrogen, and redox potential, and thus
displays a high degree of spatial and temporal variability [19–26]. Meiofaunal assemblages
may constitute a useful bioindicator of a lake’s trophic state [6,10,26,27]. For example,
when comparing three lakes with different trophic statuses (oligo-, meso-, and eutrophic),
Schroeder discovered the highest meiofaunal abundances in the mesotrophic lake [10].
Kurashov compared meio- and macrofaunal productions in lakes with varying trophic
states and demonstrated that meiofaunal production was highest in the littoral zone of
eutrophic lakes and was twice as high as the production of benthic macroinvertebrates
in the shallow zone of a mesotrophic lake [28]. The density of the numerically dominant
nematodes declined upon nutrient enrichment, whereas ostracods became more abundant.
Other taxa, including copepods, attained a maximum at intermediate nutrient levels or, in
the case of oligochaetes, were nearly unaffected by nutrient enrichment [29].

Baiyangdian Lake is the largest freshwater lake in the North China Plain [30]. Its
ecosystem health and biodiversity are crucial for the regional ecological environment and
the maintenance of ecological balance [30]. Over the past 12 years, the habitat of Baiyang-
dian Lake has undergone continuous degradation, leading to a decrease in macrofauna
diversity, with pollution-tolerant species becoming dominant [31–33]. However, research
on meiofauna, which play a significant role in ecosystem dynamics and serve as important
environmental indicators, remains largely explored [34].

We hypothesized that differences in the spatiotemporal distribution of meiofauna are
caused by different environmental factors and that, therefore, differences in the distribution
of meiofauna can indicate changes in environmental factors in the study waters. Based
on the above scientific hypotheses, we analyzed the physical and chemical factors of
Baiyangdian Lake water, the species composition, quantity distribution and assemblage
of meiofauna, and their relationships. Our study results will be beneficial for assessing
the health status of the Baiyangdian Lake ecosystem, determining how to protect its
biodiversity, studying the impact of human activities and environmental changes, and
providing scientific support for its ecological restoration and governance, as well as the
evaluation of ecological service functions.

2. Materials and Methods

2.1. Study Sites

In the following study, 33 sampling sites (Figure 1, Table 1) were set up across Baiyang-
dian Lake according to different habitat types, such as aquatic plant-dominant areas
(abbreviated as S), trench areas (abbreviated as H), and pelagic areas (abbreviated as K),
for data collection across the spring (April), summer (July), and autumn (October) in
2021 to investigate and measure the meiofauna and physicochemical factors of the water
body. Sample collection and processing were carried out with reference to the method of
Ristau et al. (2012) [29].
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Figure 1. Sampling sites and study area (note: 33 sampling sites were set up across Baiyangdian Lake
according to different habitat types, such as aquatic plant-dominant areas (abbreviated as S), trench
areas (abbreviated as H), and pelagic areas (abbreviated as K)).

Table 1. List of site names, locations, habitat types, and abbreviations of the 33 sampling sites.

Sampling Site Name Longitude (◦) Latitude (◦) Habitat Type Abbreviations

Mapengdian 115.886 38.814 Aquatic plant-dominant areas MPD-S
Mapengdian 115.883 38.815 Trench areas MPD-H
Yangjiaodian 115.876 38.824 Pelagic areas YJD-K
Yangjiaodian 115.878 38.824 Aquatic plant-dominant areas YJD-S
Yangjiaodian 115.879 38.825 Trench areas YJD-H
Baiyangdian 115.912 38.841 Aquatic plant-dominant areas BYD-S
Houtang 116.001 38.838 Aquatic plant-dominant areas HT-S
Houtang 116.001 38.832 Pelagic areas HT-K
Julongdian 116.019 38.811 Trench areas JLD-H
Julongdian 116.021 38.811 Aquatic plant-dominant areas JLD-S
Julongdian 116.024 38.815 Pelagic areas JLD-K
Mengjiadian 116.021 38.8 Pelagic areas MJD-K
Mengjiadian 116.017 38.795 Aquatic plant-dominant areas MJD-S
Badadian 115.989 38.866 Trench areas BDD-H
Badadian 115.987 38.868 Pelagic areas BDD-K
Shihoudian 115.989 38.843 Pelagic areas SHD-K
Shihoudian 115.994 38.846 Aquatic plant-dominant areas SHD-S
Shihoudian 115.993 38.849 Trench areas SHD-H
Dayaquan 115.969 38.91 Trench areas DYQ-H
Dayaquan 115.973 38.911 Pelagic areas DYQ-K
Dayaquan 115.965 38.908 Aquatic plant-dominant areas DYQ-S
Zaolinzhuang 116.089 38.886 Pelagic areas ZLZ-K
Zaolinzhuang 116.083 38.891 Trench areas ZLZ-H
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Table 1. Cont.

Sampling Site Name Longitude (◦) Latitude (◦) Habitat Type Abbreviations

Chiyudian 116.036 38.858 Pelagic areas CYD-K
Chiyudian 116.037 38.856 Aquatic plant-dominant areas CYD-L
Shaochedian 115.99 38.941 Trench areas SCD-H
Shaochedian 115.998 38.942 Pelagic areas SCD-K
Shaochedian 115.995 38.943 Aquatic plant-dominant areas SCD-S
Wangjiazhai 116.002 38.906 Trench areas WJZ-H
Wangjiazhai 116.004 38.908 Pelagic areas WJZ-K
Wangjiazhai 116.007 38.909 Aquatic plant-dominant areas WJZ-S
Zaozhadian1 115.838 38.917 Aquatic plant-dominant areas ZZD1-S
Zaozhadian2 115.856 38.912 Aquatic plant-dominant areas ZZD2-S

2.2. Environmental Parameters

Field measurements of the physicochemical factors of water quality, namely the depth
(m), temperature (◦C), pH, and DO (mg L−1) of the water at each station, were taken using
a portable multi-parameter water quality meter (YSI ProPlus, YSIInc., Yellow Springs, OH,
USA). Turbidity FTU (FNU) was measured using a portable suspended solids monitor
(Hach TSS Portable 2100Q, HACH, Loveland, CO, USA). Petroleum hydrocarbon TPHs
(μg L−1) were measured using a portable oil meter (Oil Tech121A, Environ., Boston, MA,
USA). The water body Chl a was measured using a hand-held chlorophyll meter (Chloro
Tech 121A, Environ., Boston, MA, USA). Transparency (represented by Secchi disk depth,
SDD) (m) was measured using a Secchi disk (Shanghai Biaozhuo Scientific Instrument Co.,
Ltd., Shanghai, China).

After the collection of the water samples, the pH, dissolved oxygen (DO), Chl a,
ammonia nitrogen (NH3-N), TN, TP, and COD values were analyzed in the laboratory
based on “Surface Water Environmental Quality Standard GB 3838-2002” [35].

The calculation formula of the comprehensive trophic level index (TLI) of the water
body is as follows [36,37]:

TLI =
m

∑
i = 1

ωi × TLI(i)

ωi =
rij2

∑m
i = 1 rij2

In the formula, TLI(i) represents the trophic level index of the i-th indicator; Wi
represents the relevant weight of the trophic level index of the i-th indicator; rij represents
the correlation coefficient between the i-th indicator and the reference parameter Chl a; and
m represents the number of evaluation indicators [37].

We evaluated the study area regarding the comprehensive trophic level index (Table 2).

Table 2. The corresponding relationship between the TLI and nutrition category [37].

Category Oligotrophic Mesotrophic
Lightly
Eutrophic

Moderately
Eutrophic

Severely
Eutrophic

Extremely
Eutrophic

TLI <30 30 ≤ TLI ≤ 50 50 < TLI ≤ 60 60 < TLI ≤ 70 70 < TLI ≤ 80 TLI > 80

Note: within the same trophic state, the higher the index value, the greater the degree of eutrophication.

2.3. Meiofauna Analyses

In April, July, and October 2021, sediment from each station was collected using a
Peterson mud sampler (with a sampling area of 1/16 m2) and carefully placed on a tray. A
modified sampling tube (15 cm in length and 2.6 cm in inner diameter) was used to collect
core samples of 0–5 cm [38]. Three parallel samples were collected at each station, and the
parallel samples were mixed and placed in a sampling bottle, which was immediately fixed
with 75% ethanol solution and returned to the laboratory.
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Sample staining: During this stage, 5 mL of Rose Bengal staining solution (0.1 g of
Rose Bengal dye dissolved in 100 mL of distilled water) was added to the sample, shaken
well, and allowed to stand for 24 h [39].

Sample rinsing: The stained sample was placed on a set of sieves composed of an
upper layer with a 500 μm aperture and a lower layer with a 42 μm aperture and was
slowly rinsed with filtered running water. The sieve was gently tapped and oscillated to
remove ethanol and fine sediments until the filtrate was clear [40].

Sample sorting and counting: The sample was transferred to a Petri dish with equally
wide parallel lines drawn on it and then sorted and counted by taxon under a dissecting
microscope (Nikon SMZ800, Melville, NY, USA). The sorted samples were added to 75%
ethanol-fixing solution for preservation and labeled appropriatey.

2.4. Data Analysis

The abundance calculation formula is as follows:

X = 10aπ × (d/2)2

The abundance of meiofauna is expressed in units of “ind. 10 cm−2”, which represents
the number of meiofauna per 10 cm2. It was used to calculate the abundance of a certain
type of meiofauna in a sample. “X” represents abundance, “d” represents the inner
diameter of the sampler in “d” cm, and “a” represents the number of organisms obtained
in the experiment.

The estimation of biomass “B” utilizes a method of multiplying the empirical value of
the average dry weight of individuals in each group by the abundance of each group [41–43].
The empirical values of the average dry weight for the different groups of meiofauna in the
present study were derived from previous studies [42,44–46], measured in units of μg dwt.
10cm−2 (Table 3).

Table 3. Empirical values of the individual average dry weights for different meiofauna groups.

Group Individual Dry Weight (μg)

Nematodes 0.40
Ostracods 26.00
Copepods 1.86

Linear regression analysis and plotting of the correlations between the measured
environmental factors and benthic organisms were performed using Origin 2021. The
environmental factors were analyzed using the R studio 4.3.0 FactoMineR and Factoextra
packages, and PCA plots were generated using ggplot2 and corrplot.

3. Results

3.1. Physical and Chemical Parameters of the Water Body

The various environmental factors of the water in the three different habitats (pelagic
areas abbreviated as K, aquatic plant-dominant areas abbreviated as S, and trench area
abbreviated as H) across the different seasons are presented in Figure 2.

The PCA results showed that in the spring (Figure 3a), Dim1 explained 26.9% of the
environmental variability, whereas Dim2 explained 17.9%, with them jointly explaining
44.8% of the environmental variability. There was a certain clustering phenomenon of the
meiofaunal groups in the different habitats. Although there was a more significant overlap
when the habitats in the trench, pelagic, and aquatic plant-dominant areas clustered, the
trench area showed a separation phenomenon compared to the pelagic and aquatic plant-
dominant areas, with higher habitat overlap. This finding suggests that in the spring, the
habitat difference between the pelagic and aquatic plant-dominant areas is relatively small;
in comparison, there were significant differences between the trench, pelagic, and aquatic
plant-dominant areas. In addition, DO contributed the most to Dim1, showing a negative
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correlation. Total nitrogen, water depth, and Chl a contributed significantly to Dim1 and
were negatively correlated, except for Chl a. Turbidity contributed the most to Dim2,
showing a negative correlation. Total phosphorus, water depth, water temperature, and
petroleum hydrocarbons contributed significantly to Dim2, among which total phosphorus
was negatively correlated, and the other factors were positively correlated.

Figure 2. Boxplots of the water-related environmental factors in the different seasons and habitats of
Baiyangdian Lake.
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Figure 3. Evolution of the complement system: (a) spring, (b) summer, and (c) autumn.

In the summer (Figure 3b), Dim1 explained 39.6% of the environmental variability,
while Dim2 explained 24.6%, with them jointly explaining 64.2% of the environmental
variability. After clustering the habitats in the trench, pelagic, and aquatic plant-dominant
areas at a confidence interval of 95%, there was a large overlap, indicating a relatively small
habitat difference. Among them, Chl a contributed the most to Dim1 and was positively
correlated. In addition, transparency contributed significantly to Dim1 and was negatively
correlated. DO was found to make the greatest contribution to Dim2 and was positively
correlated; in comparison, ammonia nitrogen contributed significantly to Dim2 and was
negatively correlated.

In the autumn (Figure 3c), Dim1 explained 34.7% of the environmental variability,
while Dim2 explained 19.1%, with them jointly explaining 53.8% of the environmental vari-
ability. Similar to the observations made in the summer, there was a large overlap between
the habitats and a small difference. The permanganate index contributed significantly to
Dim1 and was positively correlated, while transparency and total nitrogen contributed sig-
nificantly to Dim1 and were negatively correlated. Transparency contributed significantly
to Dim2 and was positively correlated; in comparison, turbidity contributed significantly
to Dim2 and was negatively correlated.

In the spring, data from a total of 30 sampling sites were collected, with only one
station being slightly eutrophic, 2 sites being poor in nutrients, and the other 27 sites
reaching a medium nutrient level. In the summer, data from a total of 33 sites were
collected, with 6 sites being moderately eutrophic, 19 sites being slightly eutrophic, and
8 sites reaching a medium nutrient level. In the autumn, data from a total of 33 sites
were collected, with 5 sites being slightly eutrophic and the other 28 sites all reaching a
medium nutrient level. Throughout the year (excluding the winter), Baiyangdian Lake had
poor to medium nutrient levels, accounting for 67.71%. Among the seasons, the spring
showed higher levels compared to the autumn, which, in turn, showed higher levels than
the summer.

3.2. Distribution of the Meiofaunal Assemblages

Surveys of meiofauna at various sites in Baiyangdian Lake were conducted in the
spring, summer, and autumn. The main groups identified were freshwater nematodes
(hereinafter referred to as nematodes), ostracods, and copepods. In terms of abundance,
nematodes emerged as the most dominant group in all seasons followed by ostracods, with
copepods exhibiting the lowest numbers (Table 4).

The abundance of meiofauna showed seasonal variations, with spring > summer >
autumn. The mean abundance of meiofauna was 69.40 ± 35.20 ind. 10 cm−2, and there
were also differences across the sites (Figure 4). In the spring, the mean abundance of
nematodes at each station was 84.95 ± 39.19 ind. 10 cm−2, with the highest abundance in
the Mengjiadian aquatic plant-dominant area (water inlet) at 973.63 ind. 10 cm−2, followed
by 231.79 ind. 10 cm−2 in the Badadian trench area, 174.00 ind. 10 cm−2 in the Wangji-
azhai pelagic area, 168.34 ind. 10 cm−2 in the Julongdian aquatic plant-dominant area,
101.13 ind. 10 cm−2 in the Badadian pelagic area, and no meiofauna in the Chiyudi reed or
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Julongdian trench areas. In the summer, the mean abundance of nematodes at each station
was 74.01 ± 20.44 ind. 10 cm−2, with the highest abundance in the Shiyihdian aquatic plant-
dominant area at 479.28 ind. 10 cm−2, followed by 410.81 ind. 10 cm−2 in the Shaochedian
trench area, 290.83 ind. 10 cm−2 in the Mengjiadian pelagic area, 170.23 ind. 10 cm−2 in the
Shiyihdian trench area, and 168.97 ind. 10 cm−2 in the Shaochedian aquatic plant-dominant
area, whereas no meiofauna were found in the Yangjiaodian aquatic plant-dominant area.
In the autumn, the mean abundance of nematodes at each station was 27.25 ± 5.81 ind.
10 cm−2, with the highest abundance in the Badadian pelagic area at 108.04 ind. 10 cm−2,
followed by 103.02 ind. 10 cm−2 in the Mengjiadian pelagic area, 87.31 ind. 10 cm−2 in the
Shiyihdian trench area, 54.02 ind. 10 cm−2 in the Dayaquan aquatic plant-dominant area,
and 101.13 ind. 10 cm−2 in the Badadian pelagic areas, whereas no meiofauna were found
in the Yangjiaodian aquatic plant-dominant or Baiyangdian Lake lotus areas.

Table 4. Various groups of meiofauna by abundance across the different seasons.

Group Item Spring Summer Autumn

Nematodes

Abundance (ind. 10 cm−2) 84.95 ± 39.19 74.01 ± 20.44 27.25 ± 5.81
Relative proportion of abundance (%) 93.86 88.56 92.91
Biomass (dwt. 10 cm−2) 33.98 ± 15.68 29.60 ± 8.18 0.11 ± 2.32
Relative proportion of biomass (%) 19.65 11.38 0.21

Ostracods

Abundance (ind. 10 cm−2) 5.32 ± 1.90 8.81 ± 2.01 1.95 ± 1.20
Relative proportion of abundance (%) 5.89 10.55 6.65
Biomass (dwt. 10 cm−2) 138.49 ± 49.30 229.14 ± 52.23 50.69 ± 31.27
Relative proportion of biomass (%) 80.10 88.09 99.78

Copepods

Abundance (ind. 10 cm−2) 0.23 ± 0.12 0.74 ± 0.18 0.13 ± 0.09
Relative proportion of abundance (%) 0.25 0.89 0.44
Biomass (dwt. 10 cm−2) 0.42 ± 0.22 1.38 ± 0.34 0.24 ± 0.17
Relative proportion of biomass (%) 0.24 0.53 0.00

Figure 4. Seasonal variation in the abundance of meiofauna in Baiyangdian Lake.

The mean biomass of meiofauna was 164.95 ± 99.39 dwt. 10 cm−2, following the
order of ostracods > nematodes > copepods. The biomass level across different seasons
followed the order of summer > spring > autumn (Figure 5). In the spring, the biomass
levels of nematodes and ostracods in the aquatic plant-dominant area were the highest
at 76.71 and 1.00 μg dwt. 10 cm−2, respectively. The biomass levels of nematodes and
copepods in the trench area were the lowest at 16.19 and 0 μg dwt. 10 cm−2, respectively.
The biomass levels of ostracods in the aquatic plant-dominant area were the lowest at
81.66 μg dwt. 10 cm−2. In the summer, the biomass levels of ostracods were the highest in
the pelagic area at 313.28 μg dwt. 10 cm−2 and the lowest in the trench area at 139.73 μg

108



Water 2024, 16, 1959

dwt. 10 cm−2. In comparison, the biomass levels of nematodes and copepods were similar
in the trench, pelagic, and aquatic plant-dominant areas. In the autumn, the biomass
levels of ostracods and copepods in the trench area were the lowest at 14.29 and 0 μg dwt.
10 cm−2, respectively. Moreover, the biomass levels of nematodes and copepods in the
pelagic area were the highest at 15.48 and 0.73 μg dwt. 10 cm−2, respectively. The biomass
levels of ostracods in the aquatic plant-dominant area were the highest at 109.42 μg dwt.
10 cm−2; in comparison, the biomass levels of nematodes were the lowest at 9.4 μg dwt.
10 cm−2. According to the above analysis, the season has a certain influence on the biomass
of meiofauna, with the highest biomass levels of ostracods and copepods occurring in the
summer and the lowest levels occurring in the autumn. The biomass levels of nematodes
followed the order of spring > summer > autumn.

Figure 5. Seasonal variation in the biomass of meiofauna in Baiyangdian Lake.

3.3. Relationships between Meiofauna and Physicochemical Parameters

Correlation analysis was conducted to study the abundance of meiofauna across
different seasons and 12 environmental factors (Table 5, Figure 6). In the spring, the
abundances of meiofauna, nematodes, and ostracods did not show significant correlations
with the various environmental factors. The abundance of copepods was significantly
positively correlated with total nitrogen (p < 0.01) and significantly negatively correlated
with water temperature (p < 0.01). In the summer, the total abundance of meiofauna
was significantly positively correlated with water depth (R2 = 0.13, p < 0.05, n = 33) and
significantly negatively correlated with ammonia nitrogen (R2 = 0.24, p < 0.01, n = 33). The
abundance of ostracods was significantly positively correlated with dissolved oxygen (DO)
(p < 0.05). In the autumn, the total abundances of meiofauna, nematodes, and ostracods
was not significantly correlated with the various environmental factors. The abundance of
copepods was significantly positively correlated with water depth and turbidity (p < 0.05,
p < 0.01). The abundances of meiofauna and nematodes in each season were not significantly
correlated with the comprehensive trophic status index (TLI) (p > 0.05).

Table 5. Correlation coefficient between the abundance of meiofauna and environmental factors of
Baiyangdian Lake in the spring, summer, and autumn.

Environmental
Factor

Season

Spring Summer Autumn

Nematodes Ostracods Copepods Total Nematodes Ostracods Copepods Total Nematodes Ostracods Copepods Total

Depth 0.371 0.243 0.033 0.384 0.349 * 0.302 −0.293 0.365 * 0.231 −0.113 0.387 * 0.215

Temp 0.140 −0.006 −0.519
** 0.107 0.099 0.284 −0.053 0.123 0.217 0.127 −0.015 0.245

SDD −0.351 0.230 0.175 −0.348 0.173 0.083 −0.009 0.176 −0.118 −0.282 0.264 −0.174
pH 0.236 0.096 0.305 0.248 0.114 0.215 −0.225 0.129 0.057 0.075 −0.019 0.072
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Table 5. Cont.

Environmental
Factor

Season

Spring Summer Autumn

Nematodes Ostracods Copepods Total Nematodes Ostracods Copepods Total Nematodes Ostracods Copepods Total

DO 0.218 0.104 0.063 0.224 0.288 0.367 * −0.257 0.312 0.140 0.107 −0.049 0.163
FNU 0.184 −0.232 −0.050 0.181 −0.012 −0.142 −0.045 −0.025 0.087 0.272 0.682 ** 0.155
TPHs 0.040 −0.151 0.060 0.054 −0.309 −0.283 −0.294 −0.329 0.088 −0.112 −0.046 0.064
Chl-a −0.071 −0.159 0.118 −0.072 −0.177 −0.074 −0.221 −0.181 0.261 −0.076 −0.164 0.245
TP 0.160 −0.299 0.280 0.160 −0.162 −0.320 −0.182 −0.189 0.134 0.005 −0.014 0.136
TN −0.254 0.268 0.622 ** −0.219 −0.067 −0.182 −0.220 −0.085 −0.233 0.136 0.083 −0.205

NH3-N −0.206 −0.131 −0.274 −0.206 −0.482
** −0.282 0.126 −0.494

** 0.248 −0.155 0.051 0.218

CODMn −0.287 −0.174 −0.395 −0.289 −0.216 0.072 −0.160 −0.204 0.147 −0.105 −0.041 0.126

Notes: Depth: water depth; Temp: water temperature; SDD: Secchi disk depth (transparency); pH: pH value
(acidity and alkalinity value); DO: dissolved oxygen; FTU: turbidity; TPHs: total petroleum hydrocarbons; Chl-a:
chlorophyll-a; TP: total phosphorus; TN: total nitrogen; NH3-N: ammonia nitrogen; CODMn: permanganate index.
The symbol * indicates significant correlation at the 0.05 level (two sides), and ** indicates significant correlation
at the 0.01 level (two sides).

Figure 6. Diagrams showing the relationship between the abundance of meiofauna, ammonia
nitrogen, and the water depth of Baiyangdian Lake across different seasons.

4. Discussion

4.1. Spatiotemporal Distribution of Meiofauna in Baiyangdian Lake

In the present study, our results revealed that in Baiyangdian Lake, meiofaunal as-
semblages only include nematodes, ostracods, and copepods, and nematodes are also the
predominant group. Nematodes outnumber other multicellular animals on the ocean floor
and in inland waters and soils, making them essential components of nearly all ecosys-
tems on Earth [1,47,48]. Nematodes exhibit significant ecological dominance, comprising
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the majority of the meiofaunal assemblage. The majority of the current knowledge on
freshwater nematode ecology is based on research in European freshwater bodies only.
In recent years, the relative importance of nematodes in freshwater habitats has attracted
growing attention; however, the study of nematode ecology in freshwater lakes remains
particularly limited [1,19,49–53]. In China, Jihua Wu first reported the annual qualitative
and quantitative research results for nematodes in East Lake, Wuhan City, indicating that
nematodes are a distinct dominant group and have a close relationship with the total
phosphorus in the sediment [54]. In addition, among the investigated meiofaunal groups
in Chinese water bodies such as Biandan Pond, Honghu Lake, East Lake, Dongchang Lake,
Weishan Lake, and Dongtang Sun Lake, free-living nematodes are the most dominant
group in terms of abundance [12–15,17,55].

Further analysis revealed that the abundance of meiofauna, particularly the dominant
group of nematodes, exhibited a seasonal pattern, with the highest abundance in the spring,
followed by summer, and the lowest in the autumn. Across different habitat types, the
pelagic areas had the highest abundance followed by the trench areas, with the lowest
abundance observed in the aquatic plant-dominant areas. This distribution is consistent
with the findings of Traunspurger et al. (2020) [56], which suggest that habitats rich in
periphyton support a higher meiofaunal diversity and abundance, whereas oligotrophic
lakes have a lower biomass. Additionally, the results of the study by Peters [57] also indicate
that in the littoral zone communities of lakes, meiofauna are abundant, with nematodes
being the primary component.

In terms of biomass, in the present study, a mean biomass of 164.95 ± 99.39 μg dwt.
10 cm−2 was recorded for meiofauna, with the highest values observed in the summer,
followed by spring, and the lowest values observed in the autumn. Ostracods exhibited the
greatest biomass, whereas copepods showed the lowest. Similar findings were reported in
a study on Lake Obersee [24], where oligochaetes contributed most to the biomass, and
nematodes contributed most to benthic abundance.

Notably, in this study, nematodes in Baiyangdian Lake accounted for an impressive
91.55% of the total abundance of meiofauna, with their abundance peaking in the spring
at 93.86%, followed by autumn at 92.91%, and the lowest abundance in the summer at
88.56%. This phenomenon suggests that the abundance of nematodes directly influences
the overall abundance of meiofauna. Furthermore, in the summer, the total abundance
of meiofauna was positively correlated with the water depth, which may be attributed to
the better tolerance of meiofauna to low-oxygen environments. Under hypoxic conditions,
the predation pressure may be reduced, favoring reproduction in deeper habitats [58,59].
Additionally, in comparison to the summer meiofauna survey results from Weishan Lake in
China [15], we found that in Baiyangdian Lake, ostracods, rather than nematodes, had the
highest biomass across all three seasons, which differs from the findings of the above study
conducted in Weishan Lake. Concurrently, sampling research on meiofaunal abundance
in Dongchang Lake during the summer and autumn by Huang Yong and colleagues [14]
showed significant differences compared to the results of the present study. In their study,
Wu (1999) [54], for the first time, reported the annual qualitative and quantitative research
results of nematodes in East Lake, indicating that nematodes are a distinctly dominant
group and have a close relationship with the total phosphorus content in sediment.

In summary, the findings of the present study demonstrate that nematodes dominate
the meiofaunal assemblages in Baiyangdian Lake in terms of abundance, and their diversity
is closely associated with seasonal and environmental factors. In mesotrophic or slightly
eutrophic lakes, the distribution and abundance of meiofauna are influenced not only by
the level of nutrient enrichment but also by other environmental factors, such as aquatic
plant-dominant growth and dissolved oxygen (DO) levels in the water [24,56,57,60].
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4.2. The Characteristics of the Meiofauna Community and Their Relationships with
Environmental Factors

The results of the present study indicated that in the summer, the total abundance
of meiofauna showed a significant positive correlation with the water depth (p < 0.05)
and a significant negative correlation with the ammonia nitrogen concentration (p < 0.01).
These findings suggest that water depth may be a key environmental factor affecting
the distribution and abundance of meiofauna in the summer, while increased ammonia
nitrogen levels may exert pressure on their survival. The results of the present study are
similar to those of Ardeshir (2014) and Bianca et al. (2015) on the relationship between
meiofaunal community and water depth; that is, in shallow lakes, the abundance of
nematodes increased with increasing trophic levels and water depth [6,61].

For the specific meiofaunal groups of ostracods and copepods, we observed differences
in their responses to environmental factors across seasons. Particularly in the summer,
the abundance of ostracods was positively correlated with dissolved oxygen (DO) levels
(p < 0.05); in comparison, copepods showed a significant positive correlation with total
nitrogen levels in the spring (p < 0.01) and a significant negative correlation with water
temperature (p < 0.01). The above results indicate that different groups of meiofauna may
have distinct adaptive strategies to specific environmental factors.

A correlation analysis was conducted between the biomass of meiofauna and the
various groups across different seasons and the total lake index (TLI), a comprehensive
measure of trophic status. No significant correlations were found (p > 0.05). This finding
contrasts with some results in the existing literature [62,63], which suggest that oligotrophic
lakes often support greater biomass in lake habitats, while the opposite is true for eutrophic
lakes. In these studies, the biomass of nematodes is considered a reflection of abundance,
and biomass is reported to vary with increasing lake depths, indicating that depth may be
an important factor influencing biomass. Furthermore, the environmental factors that affect
the abundance of nematodes, the abundance of meiofauna, and the biomass of meiofauna
also include the pH value of bottom water, the silt–clay content of sediments, and the
organic matter content [64–66]. The total abundance of meiofauna in Baiyangdian Lake
showed no significant correlation with water-related environmental factors in the spring
and autumn. However, the cluster analysis results showed evident seasonal differences,
which might be caused by factors such as a sedimentary environment.

Additionally, we observed significant differences in the water-related environmental
factors across the various habitat types, which may be associated with the physical char-
acteristics and biological processes of the habitats. For instance, the environmental factor
values in the trench areas were lower, whereas ammonia nitrogen levels were higher in the
aquatic plant-dominant areas. These differences could potentially lead to variations in the
biomass of meiofauna across different habitats.

The results of the present study reveal the assemblages of meiofauna and their correla-
tion with water-related environmental factors and show differences in different seasons
and habitats. In the future, in-depth studies can be conducted on the interaction relation-
ships of these differences with environmental factors (such as meteorology, hydrology, and
sediment environment), food resources, and other organisms in the ecosystem, as well
as the specific impact mechanisms on them, to provide more information for an in-depth
understanding of the structure and function of shallow lake ecosystems and offer references
for assessing the health and biodiversity of lake ecosystems.

In the design of our study, we adopted conventional methods for this type of research.
These methods can reflect the correlation between environmental factors and the distribu-
tion of meiofauna to a certain extent; however, using such methods may lead to the neglect
of the influence of sediments on them. Moreover, in recent studies, we found that some
scholars have begun to pay attention to this issue. In future studies, we will continuously
improve our research methods.
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5. Conclusions

The results of the present study suggest that the meiofaunal community exhibits
distinct seasonal variations in Baiyangdian Lake. The primary groups of meiofauna were
nematodes, ostracods, and copepods, with their abundances characterized by the highest
levels in the spring and the lowest levels in the autumn. Water depth and ammonia nitrogen
are potential key factors affecting meiofaunal distribution and abundance. Our research
results provide important information on the ecology of meiofauna in large, shallow lakes
in China.
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Abstract: Studies on limnology are essential to reservoir management; nevertheless, few are known
about the limnological features of the Andean reservoirs in Ecuador. To overcome this limitation
in the information, from December 2018 to December 2019, the limnological characteristics of El
Labrado and Chanlud reservoirs in the Machángara river basin (Ecuador south) were examined.
Using the light/dark bottles technique, the primary productivity (PP) of phytoplankton was studied
in conjunction with (1) vertical profiles of oxygen concentrations, water temperature, nitrogen,
phosphorus, alkalinity, and heterotrophic bacteria; (2) Secchi disk transparency; and (3) meteorological
factors such as wind force, precipitation, and water level. Data indicate that both reservoirs are
polymictic, with alkaline waters, low nutrients, and low PP rates. Despite this, a principal component
analysis revealed that Chanlud exhibits higher nitrogen, alkalinity, heterotrophic bacteria, and PP
values. In two approaches through multiple linear regression analysis, each per reservoir, the PP
was explained mainly by water temperature, depth, light, heterotrophic bacteria, and meteorological
parameters. The low concentrations of nutrients and the low residency time explain the low PP
values. Likewise, the altitudinal factor (i.e., both reservoirs are 3400 m above sea level) and the low
human perturbations in surrounding reservoir zones play a crucial role in explaining their poor PP.
Notwithstanding the low metabolic rates, clear seasonal trends were observed in both reservoirs;
the lowest PP rates occurred during the cold season. To our knowledge, this is the first limnological
study of high Andean reservoirs in Ecuador. These findings should be part of Andean reservoir
management protocols, contributing significantly to local conservation efforts. Additionally, they
could be extrapolated as a frame of reference to similar eco-hydrological systems.

Keywords: limnological features; primary productivity; high Andean reservoirs

1. Introduction

Reservoir construction is one of the most remarkable human activities in modifying
freshwater ecosystems. It is a widespread practice worldwide that involves utilizing rivers
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by building a series of reservoirs [1]. In this sense, dams are infrastructures commonly
related to reservoirs. Dams/reservoirs are primarily designed for hydroelectric power
generation [2] and other uses such as irrigation, flood control, water supply, improved
navigation, fish culture, recreation, or some combination. However, damming water
courses exerts negative effects; dams/reservoirs can adversely affect the structure and
functioning of aquatic ecosystems [3], downstream [4] and in situ. Several problems arise
in situ with the slowing down of running water added to inadequate land use management
of the surrounding areas of the reservoirs; the best known are eutrophication [5,6], the loss
of biodiversity [7], and greenhouse gas emissions [8], among others.

Limnology is a comprehensive science that deals with water systems and the surround-
ing land. It considers physical, chemical, geological, and biological features to provide
conceptual models of freshwater ecosystems and fundamental information needed to deter-
mine causes and potential solutions to environmental stresses [9]. Therefore, limnological
characterization is a key tool for designing reservoirs’ conservation and management
plans [10,11] in response to, for example, ongoing climate change [12] or catchment distur-
bances [13]. Particularly in a region such as the Andes, whose ranges extend along western
South America, from south Venezuela to Tierra del Fuego, with irregular topology [14],
where multiple stressors and increasing water demands impose unprecedented stress on
freshwater ecosystems, the inclusion of a limnological framework of research is crucial.
The ability to assess the response of Andean freshwaters to anthropogenic stressors re-
quires knowledge of baseline limnological conditions [15]. However, with a few notable
exceptions, limnological surveys in the tropical Andes reservoirs are rare [16–21]. Except
in Brazil [22–26], knowledge about neotropical reservoirs is extremely limited, and this
trend is more significant for the high Andean region. In Ecuador, where many reservoirs
have been implemented during the last two decades, limnological studies of these artificial
ecosystems are non-existent, and no information is available. Up to now, only water quality
has been analyzed for Ecuadorian reservoirs from the point of view of compliance with
the limits required by Ecuadorian environmental legislation (gray literature), and most
limnological research on lentic ecosystems is focused only on natural lakes [27]. Thus,
although the overall principles and controlling factors that govern lakes and reservoirs
are the same, the premise to consider is that reservoirs were made artificially, and their
dynamics are not controlled naturally, i.e., they exhibit many differences relative to natu-
ral lakes; consequently, specific studies must be performed to evaluate and characterize
reservoirs [28].

Our paper describes, for the first time, the limnological features of two adjacent high
hydroelectric Andean reservoirs (i.e., Chanlud and El Labrado) in austral Ecuadorian
Andes and their seasonal variations. This study aims to add to the understanding of the
limnological characteristics of tropical Andean reservoirs and contribute to management
efforts. The results will also form an important baseline for information on assessed
reservoirs. We estimate the primary production of both reservoirs concerning selected
environmental parameters. We addressed three research questions/goals: (i) What are the
differences in limnological features between reservoirs? (ii) What are the main driving
factors for primary productivity in the studied reservoirs? Furthermore, (iii) we aimed to
study the seasonal limnological variability of the assessed reservoirs.

2. Materials and Methods

2.1. Study Area

The Andes in Ecuador are divided into eastern and western ranges. The second divides
the Pacific and Atlantic slopes [29]. The studied reservoirs, Chanlud and El Labrado, are
located on the Atlantic slopes in the upper area of the Machángara river basin, which
belongs to the Paute river basin (Figure 1). The total area of the Machángara catchment
is 323.55 km2, and the altitude range is 2424 to 4424 m above sea level (m a.s.l.); that is,
this is a typical hydrologic system of the Andean páramo ecosystem of South America [30].
The average annual precipitation varies between 877 mm and 363 mm per year, while the
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average annual temperature fluctuates between 16.0 ◦C and 9.0 ◦C in the lower and upper
areas, respectively [31]. Two seasons are present during the year: a season of precipitation
from the middle of February to the beginning of July and a dry season during the rest of the
year. The average flow of the Machángara river measured from 1964 to 2010 was 8.4 m3 s−1,
and this river is used for domestic and industrial purposes, agricultural irrigation, and
hydropower generation. Currently, 60% of Cuenca’s drinking water (Ecuador’s third
largest city) comes from the Machángara hydrological system.

Figure 1. (a) Location of the Paute river basin in continental Ecuador and its largest city (Cuenca);
(b) location of the Machángara river basin in the Paute river basin and (c) elevation distribution and
the river network in the Machángara river basin. Coordinate system: WGS84 UTM 17S; coordinate
units: meters.

Regarding the reservoirs Chanlud and El Labrado, the former is in the Machángara
Alto River sub-basin, and the latter is in the Chulco river sub-basin. Both reservoirs form
the Machángara River Hydroelectric Complex. The Chanlud reservoir became operational
in 1992 and is located at 3464 m a.s.l. (at their centroid point); it has a maximum depth
of 40 m, a storage capacity of 17 hm3, and a regulated discharge of about 4.8 m3 s−1.
The reservoir area is ~0.69 km2, and its shoreline is 5.6 km. El Labrado reservoir became
operational in 1972 and is located at 3418 m a.s.l. (at their centroid point); it has a maximum
depth of 14 m, a storage capacity of 6.15 hm3, and a regulated discharge of about 2.4 m3

s−1. The reservoir area is ~0.58 km2, and its shoreline is 5.1 km [32]. In 1985, the national
environmental authorities declared the upper area of the watershed of Machángara a
protected forest (i.e., Machángara–Tomebamba protected area), so human activities such
as agriculture, etc., were restricted in the surrounding areas of both studied reservoirs
(for Chanlud, 0.3% of their contributing basin is anthropized, and for El Labrado, the
percentage is 0.5%). However, the middle and lower zones of the Machángara watershed
continued to deteriorate [33].
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2.2. Sampling Design

For both reservoirs, sampling campaigns from December 2018 to October 2019, and
December 2019, were performed in their deepest part (previously determined through
bathymetry) between 8.30 and 16.30 h, with a spatial replicability of one site per reservoir.
Vertical samples were taken every 5 and 3 m from surface to bottom in Chanlud and El
Labrado, respectively, using a Van Dorn sampler (2L). The different intervals of vertical
sample design were due to the significant dissimilarities in depth and their variability for
both reservoirs. For Chanlud, the range of depth was 30.7–39.5 m, while for El Labrado,
it was 8.4–14.1 m. Vertical sampling for El Labrado every 5 m was assumed to have a
low number of samples, which would have negative implications for integrated analysis
based on the scalar vector of depth. Therefore, vertical sampling was performed for this
reservoir every 3 m of depth. Due to the water level variability of both reservoirs, their
depths were first measured per visit using sonar (Speedtech® depth-mate portable sounder).
Thus, the number of vertical samples per reservoir was established as a function of depth
during the start of the field visit. For each water sample at each depth, measurements
of alkalinity (mg L−1 of CaCO3), orthophosphate (mg L−1 of PO4

3−), nitrite (mg L−1

of NO2
−-N), nitrate (mg L−1 of NO3

−-N), heterotrophic bacteria (bacteria 100−1 mL−1),
and ammonium (mg L−1 of NH4

+-N) were performed. Orthophosphate, nitrite, nitrate,
and ammonium were obtained using a modular system for performing continuous flow
analysis (OI Analytical—Flow Solution® FS 3100), with the detection limits being 0.001,
0.0005, 0.0005, and 0.0005 mg L−1, respectively. Alkalinity was determined by a titrimetric
approach, SM 2320 B method [34], with a detection limit of 8 mg L−1. Heterotrophic bacteria
were estimated by the spread plate method, in which the water sample was mixed for
5 min at low speed before serial dilution. Samples were spread in duplicate on a pre-cooled
agar plate consisting of a glucose–nitrogen minimal medium with a 0.2% w/v casamino
acids supplement. Plates were incubated at 22 ◦C for 3, 5, and 7 days and at 37 ◦C for 1, 3,
and 5 days [35].

Vertical profiles of water temperature (◦C) and dissolved oxygen (mg L−1 of O2) were
performed using EXO2 sonde [36] at one-second intervals. Light penetration in the water
column was determined with a standard Secchi disk (Zsd) (25 cm in diameter) in meters.
The depth (m) of the euphotic zone (Zeu) was assumed equivalent to 1% of the surface
light level and was estimated by multiplying the Secchi-disk depth (Zsd) by a factor of
2.7 [37,38]. The light vertical extinction coefficient (Eν) was calculated using this equation:
Eν

n × Zsd = constant, where n = 0.84, and the “constant” is 1.54 [39,40]. Likewise, an
integrated water sample from the Zeu was taken to determine chlorophyll-a concentration
(μg L−1) in the laboratory through spectrophotometric analyses of acetone extracts [41],
with a detection limit of 0.023 μg L−1.

In this context, photosynthesis and phytoplankton are the prime components of
aquatic primary production, and chlorophyll-a is a fundamental indicator of phytoplankton
abundance [42]. Herein, primary productivity (PP) was obtained by measuring oxygen
concentrations in dark and clear bottles incubated in situ at various depths (i.e., every 5
and 3 m for the Chanlud and El Labrado reservoirs, respectively) throughout the water
column, using a line of supports placed on an anchor located in the deepest part of each
reservoir. Thus, the number of incubation levels was established as a function of the depth
for each reservoir per visit. Each bottle was filled with water from the corresponding
depth. Lightproof bags were used to store dark bottles wrapped in aluminum foil. A
wood wire frame with an attached rope held the bottles vertically at 25 cm to prevent
self-shading. Before placing the bottles on the supports and starting the incubation, the
initial dissolved oxygen concentration (initial O2) in each was measured using a HANNA
oximeter (model HI 9146). Another measure of oxygen was performed after the incubation
(final O2). Calculations of gross primary production (GPP) and net primary production
(NPP) and respiration (R) rates were based on the changes in the oxygen content in the
light and dark bottles. The initial O2 concentration (c1) could be expected to decrease to a
lower value by R in dark bottles (c2) and increase to a higher concentration (c3) in clear
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bottles, according to the difference between photosynthetic production and respiration [43].
The difference (c1 − c2) represents R activity per unit volume during the incubation time
interval (Δt) (for both bottles, the average Δt was 5:56 h, ± 0:52 standard deviation). The
difference (c3 − c1) is equal to the NPP, and the sum (c3 − c1) + (c1 − c2) = (c3 − c2)
corresponds to the GPP [40]. To obtain the PP (i.e., GPP + NPP) and R rates per area and
time units (mg C m−2 d−1) for each sampling month, vertical integrations were performed
through the trapezoidal method [44–46]. Thus, since R, NPP, and GPP are vectors, the
method calculated the integrated function for them concerning the scalar space specified
by the depth (i.e., 0, 5, 10. . ., and 0, 3, 6. . ., m for the Chanlud and El Labrado reservoirs,
respectively). The trapezoidal rule is a method that approximates integration over an
interval by breaking the area under the curve into trapezoids with more easily comparable
areas [47]. Herein, the trapezoidal vertical integrations were carried out using the “trapz”
function of MATLAB® [48]. For the PP, the integrations were calculated on the Zeu, and
the day length was assumed to be 12 h. The integral function for R was calculated for the
entire water column over 24 h, assuming that the R rate at night was the same as during
the day [39,49].

Finally, meteorological parameters such as precipitation (mm) and wind force (m s−1)
were considered. These variables were obtained using two meteorological stations located
in the proximity of each dam wall (for Chanlud, N −2◦40′45′′ E −79◦2′1′′ and for El
Labrado, N −2◦43′44′′ E −79◦4′22′′). Sub-daily data were recorded from the meteorological
stations during the study period, and they were aggregated into daily datasets and finally
to a monthly frequency (i.e., accumulated for precipitation and averaged for wind force).

2.3. Data Analysis

Considering the varying number of records for each parameter in the two reservoirs
(e.g., numerous monthly records for water temperature versus only one per month for
primary productivity), the data analysis relied on a single monthly value for each parameter
and reservoir. An aggregate process was carried out for the parameters with multiple values
based on central tendency measures. To perform this, the normality of each dataset per
parameter and month was checked using the Shapiro–Wilk (S-W) test [50], considering a
95% confidence level. For a particular parameter, if the S-W test suggested normality, their
mean value was used for aggregating; otherwise, the median was used [51,52]. The S-W
tests were performed through the shapiro.test() function in the R environment [53]. As a
result, a matrix/database (X1) was developed for nsp = 2 sampling points, one per reservoir,
nrep = 24 sampling replicates, 12 monthly records per reservoir that overall contained
nvar = 18 variables, resulting in a total of nobs = 432 observations (nobs = nvar × nrep), which
are represented by X1i,j, with i = 1, 2, . . ., nvar and j = 1, 2, . . ., nrep. Once the matrix X1 was
organized, a Pearson correlation analysis was performed for their nvar to exclude redundant
information characterized by a positive or negative correlation magnitude above 0.75 [54].
This was achieved to minimize multicollinearity issues. Pearson correlation analysis was
performed using the R environment’s cor() function [53]. Likewise, parameters with weak
chemical signals were excluded from the data analysis. After the matrix was stripped of
redundant and weak signals (i.e., X2), a range scaling process [55] was used to standardize
its associated distribution (X2z). Then, a principal component analysis was performed
for X2z.

2.3.1. Principal Component Analysis (PCA)

The PCA is an ordination method where the original data matrix (herein X2z) is
reduced to parts AL (loadings) and US (scores). AL indicates how much an original variable
is “loaded into” a principal component (PC), and US are the coordinates of one replicate
in the new system [56,57]. Linear combinations of AL and US reproduce the matrix X2z
as new synthetic variables that are non-correlated between them, representing a certain
quantity of variables of the X2z and explaining their variance [58]. A critical prior task of a
PCA is selecting an optimal number of PCs [59]. Herein, the Average Eigenvalue Criterion
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(AEC) was used for this purpose through the Venetian blinds cross-validation method.
AEC is based on eigenvalues and only accepts components with an eigenvalue larger than
the average eigenvalue as significant [59]. The Venetian blinds cross-validation method
is based on splits of observed data [60–62]. In this research, the nrep was split into five
splits [63] for cross-validation (i.e., four groups for model training and the fifth group for
validation). To perform the ordination PCA process, a quantitative response vector was
loaded to X2z, corresponding to nsp (i.e., 1, 2 reservoirs) to assess the potential differences
between studied reservoirs. The response vector does not affect PCA calculation, but it
allows for a visual differentiation of samples/replicates during interpretation. Within this
framework, through AL, PCA identifies the most informative original variables that explain
the differences between both reservoirs. For this purpose, the “cut-off rule” criterion
was applied [64], which regards |loadings| > 0.25 as being significant [65]. Furthermore,
Fisher’s least significant difference (LSD) test was used to calculate/visualize intervals
around the means of the most significant variables (i.e., |loadings| > 0.25). These intervals
were constructed in such a way that if two means were the same, their intervals would
overlap 95.0% of the time; on the contrary, any pair of intervals that did not overlap
vertically corresponded to a pair of means that had a statistically significant difference [66].
The PCA was implemented with MATLAB® using the PCA toolbox version 1.3 [59], and the
LSD test was calculated using the LSD.test() function in the R® package “agricolae” [67].

2.3.2. Multiple Linear Regression Analysis (MLRA)

Finally, to identify the informative parameters that explain the variability of the PP
(GPP + NPP), using X2z, two multiple linear regression analyses (MLRA) were performed,
each one per reservoir (i.e., MLRACh and MLRAL). In each MLRA, the PP was the depen-
dent variable, and the rest of parameters were independent ones [68]. Backward stepwise
selection (BSS) (i.e., a stepwise selection method) was applied to identify the independent
variables with statistic effects on the dependent variable. Beginning with a model that
includes all variables, the BSS removes variables one at a time if they are not statistically
significant (i.e., variables are removed from the model at a given step if their p values are
greater than the P-to-Remove value, herein fixed as 0.05) [69]. Thus, the most informative
explanatory variables to explain the variability of PP were identified at the end of the
process [70]. To evaluate each MLRA, the Adjusted R-squared (Adj—R2) statistic was
used. Also, the Durbin–Watson (DW) [71] statistic test was implemented for the residual
and serial correlation assessment. Finally, an analysis of variance was performed for each
MLRA. Of particular interest were the F-tests and their associated p-values, which test
the statistical significance of the fitted model. A small p value (less than 0.05) indicated
a significant relationship between PP and the independent variables. Both MLRAs were
performed using the lm() function in the R environment [53].

3. Results

After Pearson correlation analysis, eleven variables were chosen for the planned statis-
tical protocol: dissolved oxygen (O2), water temperature (WT), nitrate (NO3

−-N), alkalinity
(CaCO3), heterotrophic bacteria (HB), wind force (WF), Secchi disk (Zsd), maximum depth
(Dmax), primary productivity (PP), chlorophyll-a (Chl) and precipitation. The excluded
variables were the euphotic zone (Zeu), light vertical extinction coefficient (Eν), respiration
(R), and gross and net primary productivity (GPP and NPP, respectively). Orthophosphates
(PO4

3), nitrites (NO2
−-N), and ammonium (NH4

+-N) were not detected in both reservoirs;
only trace values were registered for them. Therefore, these parameters were not consid-
ered for the statistical analysis. A summary of assessment parameters for both reservoirs is
given in Table 1 (for most cases, henceforth, the mean is termed x).
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3.1. Principal Component Analysis (PCA)

Regarding the Average Eigenvalue Criterion (AEC), two components (PCs) were
identified, i.e., the optimal number of PCs. The percentage of explained variance for these
two components were 70.1% and 13.8% for PC1 and PC2, respectively. Figure 2 shows the
score plot of the PCA of each monthly record of both studied reservoirs. A clear distinction
between both reservoirs is observed.

Figure 2. Score plot from the principal component analysis performed for the Chanlud and El
Labrado reservoirs.

In Figure 2, the centroids of the coordinates of each reservoir are shown, (−1.59, 0.53)
and (−1.24, −0.68) for Chanlud and El Labrado, respectively. The points for El Labrado are
closer to their centroid than the points of the Chanlud reservoir, which are more dispersed
from its centroid. This finding implies that fewer temporal (monthly) differences exist for
El Labrado than for Chanlud. The average Euclidean distance between points belonging
to the Chanlud reservoir and their centroid is 0.23 ± 0.13; meanwhile, for the points of El
Labrado, it is 0.18 ± 0.07.

Eight informative variables were identified by the PCA (|loadings| > 0.25) that explain
the variability of studied reservoirs (Table 2, Figure 3).

Table 2. Loading values for the principal components of the PCA model. Bold and italic values
indicate a strong influence of the variables (i.e., |loadings| > 0.25). WT = water temperature,
PPt = precipitation, Dmax = maximum depth, Zsd = Secchi disk, CaCO3 = alkalinity, O2 = dissolved
oxygen, WF = wind force, PP = primary productivity, HB = heterotrophic bacteria, Chl = chlorophyll-a,
and NO3

−-N = nitrate.

Parameter PC1 PC2

WT −0.40 −0.17
PPt −0.39 0.06

Dmax −0.38 0.54
Zsd −0.37 −0.40

CaCO3 −0.36 0.40
O2 −0.34 −0.23
WF −0.27 −0.46
PP −0.23 0.28
HB −0.13 −0.06
Chl −0.12 −0.06

NO3
−-N −0.06 0.07
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Figure 3. Means and Fisher’s test-based intervals of the significant variables for studied reser-
voirs (Ch = Chanlud and L = El Labrado). (a) WT = water temperature, (b) PPt = precipitation,
(c) Dmax = maximum depth, (d) Zsd = Secchi disk, (e) CaCO3 = alkalinity, (f) O2 = dissolved oxygen,
(g) WF = wind force, and (h) PP = primary productivity. Mean values are depicted with a black
point symbol.

Table 2 shows the informative variables for PC1 and PC2 based on the values of their
loadings. Considering the percentage of explained variance for these two components
(i.e., 70.1 and 13.8% for PC1 and PC2, respectively), the variables of PC1 have the most
informative load to comparatively evaluate the studied reservoirs.

The mean values of the following parameters, WT (Figure 3a), Zsd (Figure 3d), O2
(Figure 3f), and WF (Figure 3g), were reported to be higher in El Labrado than Chanlud (x
of WT expressed in ◦C is 11.1 for El Labrado and 10.3 ◦C for Chanlud; x of Zsd is 5.9 m for
El Labrado and 5.2 m for Chanlud; x of O2 is 7.0 mg L−1 for El Labrado and 6.7 mg L−1

for Chanlud; and x of WF expressed in m s−1 is 1.4 for El Labrado and 0.8 for Chanlud).
For precipitation (Figure 3b), Dmax (Figure 3c), CaCO3 (Figure 3e), and PP (Figure 3h), the
inverse trend was observed (x of precipitation expressed in mm is 116.5 for El Labrado
and 134.4 for Chanlud; x of Dmax is 11.4 m for El Labrado and 36.7 m for Chanlud; x of
CaCO3 expressed in mg L−1 is 28.1 for El Labrado and 40.0 for Chanlud; and x of PP
expressed in mg C m−2 d−1 is 3.7 for El Labrado and 17.1 for Chanlud). However, for the
specific cases of WT (Figure 3a), precipitation (Figure 3b), and O2 (Figure 3f), the intervals
displayed around the mean based on Fisher’s least significant difference (LSD) procedure
overlap 95.0% of the time, indicating that nonsignificant differences exist between the
means of those parameters. It is important to emphasize this finding because although
WT, precipitation, and O2 do not exhibit significant statistical differences between assessed
reservoirs (Figures 3a, 3b, and 3f, respectively), they are parameters that, under the PCA,
are key to explaining each reservoir’s temporal variability.
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Analysis of the Variables Identified by PCA as Informative to the Studied Reservoirs

With regard to meteorological parameters, for the Chanlud reservoir, the annual wind
force (WF, Figure 4) ranged from 0.51 to 1.0 m s−1 (x = 0.8 ± 0.1 m s−1). In many months,
the WF was similar (range = 0.7–1, x = 0.9 ± 0.1 m s−1). However, in the months of
February, March, April, and May, the WF ranged from 0.5 to 0.7 m s−1, with the mean
value of 0.6 ± 0.1 m s−1 reported in those months. For El Labrado reservoir, the annual
wind force (WF) ranged from 1.2 to 1.9 m s−1 (x = 1.4 ± 0.2 m s−1) and was similar for
most months (range = 1.2–1.4, x = 0.9 ± 0.1 m s−1). However, a comparatively high WF
was reported in June, July, and August and ranged from 1.6 to 1.9 m s−1 with a mean value
of 1.7 ± 0.1 m s−1. Regarding precipitation, in Chanlud, it ranges from 66.0 to 184.4 mm
(x = 134.4 ± 35.8 mm), and for El Labrado, it ranges from 46.0 to 191.3 mm (x = 116.5 ± 44.9
mm). A seasonal trend was observed for El Labrado where for July, August, and September,
the lowest precipitation was registered, x = 71 ± 22.8 mm (Figure 4).

Figure 4. Monthly data of the cumulative precipitation (PPt) and the average wind force recorded
in meteorological stations located in the proximity of the studied reservoirs: (a) Chanlud and (b) El
Labrado in (1) December 2018 and (2) January, (3) February, (4) March, (5) April, (6) May, (7) June,
(8) July, (9) August, (10) September, (11) October, and (12) December of 2019.

Vertical changes in the water temperature (WT) in the reservoir Chanlud are given
in Figure 5. No evidence of consistent thermal stratification was observed. The coldest
months were from June to October, and the mean temperature reported for this period was
9.0 ± 0.7 ◦C (Figure 5). The rest of the months reported a mean temperature of 11.6 ± 0.3 ◦C,
i.e., the warmest period. The change in the temperature between the warmest period and
the rest of the time is 2.6 ◦C. The maximum and minimum differences between the surface
and the bottom were 2.9 and 0.9 ◦C in October and April, respectively. This emphasizes that
mixing events are related to the warmest periods, and weak stratification occurs during
colder times. Like WT, vertical profiles of dissolved oxygen (O2) exhibit the highest values
at the surface and the lowest O2 concentrations at the bottom (Figure 5). A seasonal O2
concentration is present, i.e., during the coldest period, a higher solubility of O2 is notorious
(x = 7.4 ± 0.4 mg L−1), while, on the other hand, a lower O2 solubility (x = 6.2 ± 0.3 mg L−1)
is associated with the warmest months. Water transparency by the Secchi disk (Zsd) ranged
between 4.2 and 6.6 m (x = 5.2 ± 0.8 m). The depth of the Chanlud reservoir ranged from
30.7 to 39.5 m, and the mean depth was reported as 36.8 ± 2.8 m. The euphotic zone (Zeu)
ranged from 13.0 to 18.0 m (x = 16.1 ± 2.0 m). The light vertical extinction coefficient (Ev)
ranged from 0.2 to 0.3 (x = 0.24 ± 0.04) (these last two parameters were not significant
regarding the PCA, namely, |loadings| < 0.25).
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Figure 5. Monthly vertical profiles of dissolved oxygen (O2) and water temperature (WT) of the
Chanlud reservoir: depth of the Secchi disk (Zsd), euphotic zone (Zeu), and maximum depth (Dmax)
in (a) December 2018 and (b) January, (c) February, (d) March, (e) April, (f) May, (g) June, (h) July,
(i) August, (j) September, (k) October, and (l) December of 2019.

The water temperature (WT) vertical profiles of El Labrado reservoir (Figure 6) show
a typical curve, with the warmest water temperatures at the surface and the coldest at
the bottom for most months. No thermic stratification is observed (with the exception of
August, see Figure 6i). Evenly, in El Labrado reservoir, a clear thermic temporal trend is
reflected, where, as in the case of Chanlud, June, July, August, September, and October
are the coldest months (x = 9.4 ± 1.2 ◦C), and the rest of the months correspond with the
warmest period (x = 12.4 ± 0.4 ◦C). There is a 3.0 ◦C difference between the warmest and
coldest periods. The maximum and minimum differences between the surface and the
bottom were 1.8 and 0.2 ◦C in March and December 2019, respectively. The vertical profiles
of O2 do not exhibit a trend regarding the depth gradient. Still, a seasonal O2 concentration
is present, where a higher solubility of O2 is during the coldest period (x = 7.4 ± 0.4 mg L−1).
To the contrary, a lower O2 solubility (x = 6.6 ± 0.1 mg L−1) is associated with the warmest
months. Zsd ranged between 4.8 and 6.7 m (x = 6.0 ± 0.6 m), and the depth range values
were between 8.4 and 14.1 (x = 11.4 ± 1.6 m). Zeu was always greater than the maximum
depth for El Labrado reservoir, and the Ev ranged from 0.2 to 0.3 (x = 0.2 ± 0.0.2).
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Figure 6. Monthly vertical profiles of dissolved oxygen (O2) and water temperature (WT) of El
Labrado reservoir: depth of the Secchi disk (Zsd) and maximum depth (Dmax) in (a) December 2018
and (b) January, (c) February, (d) March, (e) April, (f) May, (g) June, (h) July, (i) August, (j) September,
(k) October, and (l) December of 2019.

The total alkalinity in Chanlud fluctuated between 32.4 and 85.0 mg L−1 of CaCO3
(x = 40.6 ± 6.4 mg L−1). No evidence of a trend regarding depth gradient exists for total
alkalinity, and their maximum value was detected in January (i.e., 85.0 mg L−1 of CaCO3).
For El Labrado reservoir, the total alkalinity fluctuated between 23.8 and 38.8 mg L−1 of
CaCO3, with an overall mean of 27.9 ± 2.9 mg L−1. No trend regarding depth gradient
exists, and their maximum value was detected in October (i.e., 38.8 mg L−1 of CaCO3).

Concerning primary productivity (PP), it was used as a single value in the PCA;
however, in the current section, we approach this parameter according to its components
(i.e., GPP + NPP = PP) to give the reader a more detailed description. Thus, the x gross
primary productivity (GPP) value in the Chanlud reservoir was 9.9 ± 4.1 mg C m−2 d−1,
and for net primary productivity (NPP), the x = 7.2 ± 2.9 mg C m−2 d−1. Higher values
were found near the surface and decreased irregularly to the bottom. For the temporal
component, a downward trend in GPP and NPP was observed during the coldest period
(i.e., for the warm period, xGPP = 11.8 ± 4.3 mg C m−2 d−1; xNPP = 8.5 ± 3.1 mg C m−2 d−1;
for the cold period, xGPP = 7.3 ± 2.0 mg C m−2 d−1; xNPP = 5.3 ± 1.4 mg C m−2 d−1) (see
Figure 7a).

For El Labrado reservoir, the xGPP = 2.1 ± 0.8 mg C m−2 d−1, and for NPP, it was
1.5± 0.7 mg C m−2 d−1. As in the case of the Chanlud reservoir, seasonality is essential to explain
the trends in GPP and NPP—namely, for the warm period, xGPP = 2.4 ± 0.8 mg C m−2 d−1;
xNPP = 1.8 ± 0.7 mg C m−2 d−1; for the cold period, xGPP = 1.7 ± 0.8 mg C m−2 d−1;
xNPP = 1.2 ± 0.5 mg C m−2 d−1 (Figure 7b).

Concerning the respiration (R) rates for the Chanlud reservoir, XR = 7.4± 6.2 mg C m−2 d−1.
For the warm period, xR = 9.4 ± 7.1 mg C m−2 d−1, and for the cold period, xR = 4.7 ±
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3.8 mg C m−2 d−1. The mean R rate in El Labrado reservoir was 1.2 0.9 ± 0.9 mg C m−2 d−1.
However, contrary to the Chanlud reservoir pattern, seasonality marginally influences
R in this reservoir (i.e., for the warm period, xR = 1.3 ± 1.0 mg C m−2 d−1 and for the
cold period, xR = 1.1 ± 0.8 mg C m−2 d−1) (R was not significant regarding the PCA, i.e.,
|loadings| < 0.25).

Figure 7. Gross primary productivity (GPP), net primary productivity (NPP), and respiration (R)
rates for each month at the (a) Chanlud and (b) El Labrado reservoirs in (1) December 2018 and
(2) January, (3) February, (4) March, (5) April, (6) May, (7) June, (8) July, (9) August, (10) September,
(11) October, and (12) December of 2019.

3.2. Multiple Linear Regression Analysis (MLRA)

Concerning the individual MLRAs performed for each reservoir, the Adjusted R-
Squared (Adj—R2) values were 0.7 and 0.8 for the Chanlud (MLRACh) and El Labrado
(MLRAL) regression models, respectively, which implies that the models, as fitted, very
well explain the variability in PP in both cases. The Durbin–Watson (DW) statistic value
was 2.1 in both cases, which is congruent with the absence of serial autocorrelation in
the residuals at the 95.0% confidence level (the DW statistic becomes smaller as the serial
correlation increases). The p-values of the analysis of variance of both cases were less
than 0.05 (i.e., 0.04 for MLRACh and MLRAL); therefore, there are statistically significant
relationships between the independent variables and PP at the 95.0% confidence level in
both models.

The output equation of the fitted model for the Chanlud reservoir is as follows:

PPCh = −5.39 + 0.87 × WT + 3.87 × Dmax + 1.14 × Chl + 1.66 × Alkalinity + 0.75 × HB + 1.70 × WF

and for El Labrado reservoir, it is as follows:

PPL = −0.26 − 0.31 × O2 + 0.12 × WT + 0.12 × HB + 0.09 × Precipitation + 0.60 × WF

Different planned approaches were designed for PCA and MLRAs in the current
research; despite this, both analyses choose similar variables as informative to perform
their corresponding modeling. For example, WT, precipitation, and O2 are critical variables
according to the PCA to describe the seasonal variability of both reservoirs and are equally
chosen by MLRAs as crucial variables to explain the variability of the PP in the studied
reservoirs. Also, Dmax, CaCO3, and WF are all critical variables identified by the PCA to
perform a clear discrimination between both reservoirs. MLRAs equally choose them as the
most informative variables to explain the variability of the PP in the evaluated reservoirs.

Nevertheless, notwithstanding these similarities, each reservoir itself has its own
set of descriptive parameters to explain the variability of its corresponding PP trends.
Hence, checking the output MLRA equations shows that Chanlud is more complex than El
Labrado, not only due to the number of variables but also due to their nature. For example,
the hydraulic and chemical components in Chanlud are more critical than in El Labrado;
conversely, the metrological component in El Labrado is more relevant than in Chanlud.
Orographic factors (the almost complete absence of hills around Chanlud, which is opposite
El Labrado) and the critical size difference between the contributing hydrological areas
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of both reservoirs (for Chanlud, the contributing hydrological area is 85.5 km2, and for El
Labrado, it is 42.0 km2) could explain these differences in terms of complexity between
both multiple regression analyses (MLRACh and MLRAL).

On the other hand, in both MLRAs, some variables identified as not significant by the
PCA (i.e., |loadings| < 0.25) were chosen as essential to explain the variability of the PP
(i.e., heterotrophic bacteria and chlorophyll-α, HB and Chl, respectively). Thus, for Chan-
lud, values of HB were found between 0 and 250 with a mean value of 21.6 ± 39.2 bacteria
100−1 mL−1. The highest values were found in July and September (250 and 141 bacteria
100−1 mL−1, respectively). In the case of El Labrado reservoir, the heterotrophic bacteria
were found in a range of 0 to 190 bacteria 100−1 mL−1 with a mean value of 19.5 ± 36.8 bac-
teria 100−1 mL−1 (Table 1). The highest values were found in April and June (190 and
120 bacteria 100−1 mL−1, respectively). Both reservoirs showed non-trends in HB con-
cerning depth gradients. The chlorophyll-a (Chl) measurements in the Chanlud reservoir
ranged from 0.4 to 6.2, with a mean of 1.7 ± 1.6 μg L−1, while it ranged from 0 to 3.5, with
a mean of 1.1 ± 1.1 μg L −1 in El Labrado reservoir (Table 1).

4. Discussion

In Ecuador, there are no previous studies that address the issue of limnology in
reservoirs, and the availability of baseline data are restricted only to lakes [27,72–76]. This
present paper is a pioneer effort to address the study of limnological aspects in high Andean
reservoirs in Ecuador and one of the few references to tropical Andean reservoirs [16,21].

Both statistical approaches used in this research, i.e., the principal components analysis
(PCA) and multiple linear regression analysis (MLRA), gave relevant results in selecting
appropriate explanatory variables representative to (i) explain the seasonal variability of
each reservoir, the (ii) potential differences between the two studied reservoirs, and (iii) the
variability of the PP in each reservoir. Furthermore, the high values of their performance
statistics validate the scientific reliability of the outputs.

For both reservoirs, the monthly mean values of dissolved oxygen and water tempera-
ture followed temporal patterns previously reported for reservoirs and lakes; namely, the
higher the temperature, the lower the diffusion of dissolved oxygen and vice versa [77,78].
Additionally, both variables exhibited a downward trend regarding depth; however, no
thermal stratification was observed, which implies frequent mixing events, probably due to
strong winds (wind force was a variable that both PCA and MLRAs chose as informative)
and the lack of hills or mountains around the reservoirs [21], mainly in Chanlud. The
downward pattern of dissolved oxygen regarding depth was weaker in El Labrado than
in Chanlud; however, no statistically significant differences existed for this parameter
between both reservoirs (Figure 3f). This last finding can be partially explained, consid-
ering that wind force is significantly higher in El Labrado than in the Chanlud reservoir
(Figure 3g). Similar to most tropical lakes, the thermal stratification of the water column
in both reservoirs is typically weak due to limited seasonal variation in temperature [79].
Thus, in tropical Andean reservoirs, the high and cold inflows during the wet season ho-
mogenize the water column below a shallow surface mixed layer; in dry seasons, warmer
inflows enter at intermediate depths, favoring the development of a thick metalimnion
with sharper temperature gradients at its top and base [20,77,80,81]. Our results did not
show this seasonal trend. Other studies in the lakes of Cajas National Park, near the area of
this current research, identified the same colder period; however, contrary to this study, the
authors linked this period with the thermal stratifications of some of the studied lakes [76].
The differences in the flushing time of water bodies and the effects of riverine inflows at
the studied sites could explain this non-congruence between both studies.

Concerning nutrients, only nitrates were representative of signal chemical detection.
Nitrates were most notorious in the Chanlud reservoir (i.e., the mean of nitrates for Chan-
lud is 0.56 ± 1.52 mg L−1, and for El Labrado, it is 0.06 ± 0.12 mg L−1). We interpret the
increased availability of nitrates in Chanlud as mainly the result of the notoriously larger
size of their contributing hydrological area relative to El Labrado. Thus, higher rates of
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organic material production in the terrestrial part of the catchment subsequently increase
the leaching of nitrates into aquatic systems [82,83]. However, despite the nitrate concentra-
tions detected, their values were generally consistent with very low concentrations, which
is congruent with the fact that both PCA and MLRAs considered nitrates a nonsignificant
variable. The rest of the nutrients (i.e., nitrites, ammonium, and orthophosphates) pre-
sented weak chemical signals (Table 1). Two explanations are provided in this regard: (i) In
tropical regions, in the first rainy season, many nutrients are carried into reservoirs by the
first precipitations. A peak in nutrient input can often be attributed to surface runoff from
nutrient-rich soils [84]. However, most of these nutrients will not remain in the system for
long if the residence time of the water is short, i.e., if there is a high flushing rate, as is the
case in many reservoirs. (ii) There is an almost complete absence of human populations in
the region’s reservoirs [85]; i.e., the contributing hydrological areas for both reservoirs are
highly conserved. Their landscapes are conformed by pristine ecosystems (for Chanlud,
0.3% of their contributing basin is anthropized, and for El Labrado, the percentage is
0.5%) [86].

Regarding alkalinity, the current outputs are congruent with other Andean lentic
systems, such as La Brava and La Punta lakes in northern Chile, where very similar values
were reported [87]. Thus, the current results suggest that for both reservoirs, the waters
are slightly alkaline, especially Chanlud (Figure 3e). In this context, the more alkaline
a lake is, the greater the concentration of carbonates [88], which has been reported as
a promoter of the growth of many groups of phytoplankton [89,90]. This is consistent
with this study’s findings, where a congruence between trends in alkalinity and primary
productivity (Figure 3e,h) was observed for both reservoirs. Furthermore, concerning
the MLRACh, alkalinity is an important explanatory variable to explain the variability of
primary productivity.

For water transparency (Zsd), there was a difference between the monthly measure-
ments of both reservoirs. El Labrado reservoir contained the most transparent waters
(Figure 3d), which could be explained by the lowest nutrient concentration and primary
productivity (Figure 3h) in this reservoir compared to Chanlud. Furthermore, this finding
could be explained by the contributing hydrological areas of both reservoirs (86.8 and
40.1 km2 for Chanlud and El Labrado, respectively); i.e., the greater the contribution area,
the greater the runoff area, and therefore, the greater the amounts of total solids going into
the reservoir. Despite this, the reservoirs’ current water transparency values were slightly
lower than reported in the lakes of the Cajas National Park, Zsd x = 6.7 m [76].

Regarding the primary productivity (PP) values, PPChanlud > PPEl Labrado (Figure 3h).
The outputs for PP correspond with low ecosystem metabolic activity and a low loading
nutrient rate. In general, in lakes and reservoirs, it has been reported that low PP occurs
when (i) human activities in the surrounding areas are scarce, (ii) as a product of wind
stress, (iii) when there is no stability concerning solar radiation, and (iv) as a product of
non-effective nutrient recycling [91–93]. This latter factor is congruent with findings for
twenty-four tropical high-altitude lakes in southern Ecuador [94]. In this study, the authors
found that lower phosphate concentrations explain the low productivity of the studied
lakes, which is consistent with our findings in the studied reservoirs, where the phosphates
(among other nutrients) were undetectable. In addition to these four factors, two more
explanatory elements must be included for this current study case: (v) the relatively short
water residence times and (vi) the fact that both reservoirs are above 3400 m a.s.l. Hence,
despite the low PP values obtained, the PP method efficiently captured increased and
decreased dissolved oxygen data in the clear and dark bottles. It is necessary to consider
that current PP datasets are expected to be typical of the Andean lentic water bodies,
mainly due to their pristine conditions and altitudinal factors The latter is congruent with
findings for northern Sweden lakes, where the PP decreases as altitude increases [95].
Unfortunately, very few studies on similar reservoirs in physiographic terms to those
studied in this research have been conducted in order to be able to perform a comparative
analysis (mainly in the Andean region). However, some findings about metabolic rates in
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this current research are congruent with other studies. For example, in the case of Lake
Monte Alegre (south-eastern Brazil), a study reported that the higher PP in the water
column occurred in the transition periods when thermal stratification was unstable and
lower PP occurred in the cold season (frequent mixing) [96]. Both findings are congruent
with the outputs of the two studied reservoirs. In Chanlud, the peak of PP is just after the
coldest period, and for El Labrado, it is before it (Figure 7); i.e., timing/season is essential.
Thus, for Chanlud, during the coldest months, the xPP = 12.6 mg C m−2 d−1, and in the
warmest period, the xPP = 20.3 mg C m−2 d−1; for El Labrado, for the coldest months,
xPP = 2.9 mg C m−2 d−1, and for the warmest period, xPP = 4.2 mg C m−2 d−1. These
results are consistent with more studies carried out in other lakes and reservoirs, where
the same PP and water temperature relationship was observed [97,98] (herein, the MLRAs
chose water temperature as one of the critical parameters to explain the variability of PP in
both reservoirs). In this context, the PP in the studied reservoirs is subject to multifactorial
regulation. Besides water temperature, meteorological (i.e., wind force, precipitation) and
biological (i.e., heterotrophic bacteria) factors describe the PP and their variability. This
is like other studies, where there is evidence that a set of variables (like the ones reported
here) have been described as determining factors in regulating biological processes in the
lakes of the Andes [73,99,100].

Following a statistically sound approach, this study aims to increase our understand-
ing of the limnological characteristics of tropical high Andean reservoirs, which have yet to
be studied in much detail. The results will also form an important baseline for information
to determine future changes that might take place in them, such as climatic changes, which
are predicted to be dramatic at high latitudes [101], and local stressors. Also, this research
identifies significant and nonsignificant descriptive variables to describe (i) the variability
of each reservoir and discriminatory factors between them and (ii) the primary productivity
of the studied reservoirs. Both findings have the potential to reduce the number of variables
to be monitored in future similar research and, consequently, the monitoring time and
related monetary expenses.

5. Conclusions

Some differences are evident between both reservoirs in aspects related to physico-
chemical (i.e., alkalinity, light penetration) and biological factors (i.e., primary productivity).
Chanlud exhibits a more photosynthetically efficient euphotic zone. Although the primary
productivity of Chanlud was higher than El Labrado, the results for both reservoirs cor-
respond to low metabolic rates. This was expected since primary productivity rates are
linked to the intrinsic conditions of reservoirs, that is, high elevation, low nutrient recycling,
low temperatures, wind stress, and short retention times. The method used to estimate
the metabolic rates of the reservoirs was practical and provided representative and re-
liable information. This is validated by contrasting the vertical integrations of primary
productivity with variables such as temperature and dissolved oxygen. Temperature,
heterotrophic bacteria, and wind force are critical variables in both reservoirs since the
results significantly influence primary productivity rates. The study’s weaknesses include
its reliance on accessible areas near dam walls. Incorporating new sampling sites associated
with a horizontal zonation of reservoirs would benefit future evaluations. Also, more
accurate methodologies to measure the primary productivity and respiration rates could
be tested—for example, the oxygen isotope (δ18O) mass balance approach.
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Abstract: Dongshan Bay is a typical subtropical semi-enclosed bay characterized by abun-
dant fish resources. We aimed to assess fish diversity and its seasonal variation in Dongshan
Bay and to provide a scientific basis for the sustainable management and conservation of
the fishery’s resources. In this study, we employed environmental DNA (eDNA) metabar-
coding technology to analyze fish diversity in the bay during winter 2023 and summer
2024. A total of 76 fish species were detected across 12 sampling sites, with 43 species
identified in summer and 45 species seen in winter. Overall, 13 species were detected in
both the winter and summer. Non-significant differences were observed in Alpha diversity
among the sampling sites. Fish species richness at the HXH2 site was the lowest among
all the sampling sites for the reason that this sampling site was near to the effluent outlet
of the Zhangzhou nuclear power plant and notably influenced by the thermal discharge.
In general, fish diversity and abundance were higher in winter than in summer. RDA
test analysis revealed that water temperature and dissolved oxygen were the primary
environmental factors influencing fish distribution in summer. In winter, the influence of
various factors is relatively balanced, with chlorophyll and Blue Green Algae Phycoerythrin
(BGA PE) having a relatively greater impact than other factors. Our results offer valuable
insights into enhancing fish diversity management in Dongshan Bay.

Keywords: eDNA; semi-enclosed bay; fish; biodiversity; thermal discharge

1. Introduction

Fish is the largest group of vertebrates, constituting nearly half of all vertebrate species,
and plays an important role in global biodiversity protection [1]. Fish contribute substan-
tially to human society by providing valuable fishery resources. Conducting comprehensive
and systematic evaluations of biological and ecosystems is central to ecological research
and serves as a vital step in safeguarding global biodiversity [2]. Fish diversity plays a
pivotal role in biodiversity, while the assessment and monitoring of fish diversity serve as
the foundation for ecosystem monitoring and health evaluations [3]. Traditional methods
for fish diversity monitoring, such as electrofishing, netting, and trapping, typically involve
collecting samples and then determining the abundance and biomass of fish through the
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morphological identification, counting, and weighing of the catch [4]. However, these con-
ventional techniques are often environmentally invasive, time-consuming, labor-intensive,
require advanced expertise in morphological identification, and face challenges in cap-
turing low-density species [5]. The emergence of environmental DNA technology has
introduced a novel approach to biodiversity monitoring [6]. Environmental DNA refers to
the genetic material left behind by organisms in the environment, which can be derived
from mitochondrial or nuclear DNA, including shed cells from tissues such as the intestines
and skin, as well as bodily fluids such as urine, mucus, eggs, and sperm [7]. This technology
enables researchers to detect the presence or recent presence of species without directly
observing or capturing the organisms [5,8]. Environmental DNA metabarcoding allows for
the identification of multiple target species in the environmental samples (such as water,
sediments, or soil) by extracting DNA from these samples, using universal primers for the
target taxa and performing PCR amplification using high-throughput sequencing [9]. This
method does not require the capture of the organisms, and this non-invasive, efficient, and
highly sensitive approach overcomes the limitations of traditional morphological surveys,
presenting significant potential for biodiversity assessments [10].

Since DNA metabarcoding’s initial application in 2008, when Ficetola et al. (2008)
used environmental DNA technology to monitor the invasive Rana catesbeiana in ponds,
eDNA metabarcoding has seen rapidly development [11]. It is widely used in fishery man-
agement and in fish diversity monitoring in both freshwater and marine ecosystems, with
particularly widespread use in biodiversity studies [12]. Thomsen et al. employed eDNA
technology to evaluate fish diversity in Danish harbors, identifying 15 species. The funding
included several economically significant fish and a rare migratory species [13]. Sigsgaard
conducted a year-long investigation, combining water sampling and snorkeling observa-
tions along the Danish coastline [14]. As result, the seasonal dynamics of fish community
were identified via eDNA metabarcoding. When compared with historical data, the eDNA
metabarcoding results showed partial consistency with snorkeling observations. Notably,
most fish species detected through snorkeling were identified by eDNA metabarcoding.
This research highlights the utility of eDNA metabarcoding in capturing seasonal shifts in
the diversity of marine fish communities. eDNA metabarcoding technology has recently
emerged as a powerful tool for biodiversity monitoring [15].

Dongshan Bay is situated in a subtropical latitude zone and is influenced by the
Min-Zhe coastal current and the Taiwan Strait thermocline in the autumn, and by the
South China Sea in the summer, presenting the typical characteristics of a subtropical
bay ecosystem [16]. The region serves as a vital habitat for many aquatic species, par-
ticularly fish species, providing essential areas for their habitat, growth, fattening, and
reproduction [16,17]. However, excessive human development has led to the scattering of
aquaculture areas, worsening the eutrophication of seawater. Reclamation activities have
resulted in the destruction of wetland habitats, and tidal volumes have consequently dimin-
ished [18]. Dongshan Bay is also subject to various impacts from the Zhangzhou Nuclear
Power Plant located within the bay. Therefore, there is an urgent need to establish a rapid,
effective, and environmentally friendly monitoring method for the protection and ecologi-
cal restoration of fish diversity in Dongshan Bay, providing scientific support for fishery
management and the development and implementation of ecological protection policies.

In this study, we employed eDNA metabarcoding technology to analyze the relation-
ship between fish diversity and environmental factors in Dongshan Bay during December
2023 and June 2024. The objective was to conduct an initial assessment of the fish commu-
nity status in Dongshan Bay, with the goal of providing foundational data to support the
conservation and management of fish diversity in this region.
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2. Methods

2.1. Field Site and Sample Collection

Environmental DNA samples were collected in Dongshan Bay on 9 December 2023
and 21 June 2024. A total of 12 sampling sites that comprehensively cover the marine
area and the distribution of the sampling sites are shown in Figure 1. At each site, a 1 L
water sample was collected using a water sampler and then placed in a disposable sterile
sample bag. If a site had a water depth greater than 5 m, two samples were taken from
the surface and bottom, while for sites with a depth of less than 5 m, only one sample
was taken from the surface. To avoid cross-contamination, each collection bag (Labshark,
Changde, China) was rinsed twice with 150 mL of local seawater before sampling. The
rinse water was discarded, and disposable gloves were replaced. The collected samples
were stored in a cooling box and filtered within 24 h using a circulating water vacuum
pump (Greatwall, Zhengzhou, China) and a six-way filter (PALL, Port Washington, NY,
USA). Filtration was carried out using a diameter of 47 mm and a polycarbonate membrane
with a pore size of 0.2 μm (Millipore, Darmstadt, Germany), and the filter was disinfected
with a 75% ethanol spray. We waited for a few seconds and then wiped the filter dry with a
cotton ball. We performed this both before and after filtering to eliminate residual DNA
and prevent contamination [7]. The filters were then placed in 4.5 mL cryovials (Axygen,
Union City, CA, USA) and stored at −20 ◦C until genomic DNA extraction was performed
in the laboratory. DNA was extracted using the DNeasy PowerWater Kit (Qiagen, Hilden,
Germany) to enrich and recover the eDNA [13,19]. The quality of the extracted eDNA
was assessed using 1% agarose gel electrophoresis, and the DNA samples were stored at
−20 ◦C for subsequent PCR amplification. Each sample was independently processed, with
all equipment disinfected using 75% ethanol spray before and after each step to prevent
exogenous contamination [20].

 

Figure 1. A map of the sampling sites in the Dongshan Bay.
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2.2. Measurement of Environmental Factors

The collection of environmental parameters was carried out simultaneously with
sample collection. During the sampling process, a multi-parameter water quality meter
(YSI, Yellow Springs, OH, USA) was employed to measure the following environmental
parameters, including chlorophyll (chlorophyll), dissolved oxygen (DO), salinity (Sal), Blue
Green Algae Phycoerythrin (BGA PE), pH (pH), and water temperature (WT).

2.3. PCR, Sequencing and Annotation

eDNA metabarcoding, conducted using universal MiFish primer pairs, has been
shown to amplify short fragments of fish DNA in various taxa from environmental sam-
ples [21]. Our samples were analyzed using the universal fish primer pairs (Mifish-U-F: 5′-
GTCGGTAAAACTCGTGCCAGC-3′; Mifish-U-R: 5′-GTTTGACCCTAATCTATGGGGTGATAC-
3′) in order to amplify the mitochondrial 12S rRNA gene [22]. The multiplex PCR volume
was 25 μL. This included 12.5 μL of Taq 2× Master Mix (Vazyme, Nanjing, China), 1 μL
of each primer (10 μmol/L), 1 μL of the DNA solution, and 9.5 μL of sterile distilled H2O.
The thermocycler used was an ABI2720 model (ThermoFisher, Waltham, MA, USA). The
thermal cycle PCR process included an initial 2 min denaturation at 94 ◦C, followed by
35 cycles of denaturation at 98 ◦C for 5 s each, and then annealing at 50 ◦C for 10 s, extension
at 72 ◦C for 10 s, and completion with a final extension at 72 ◦C for 5 min [23]. The PCR
products were analyzed using 1% agarose gels. The electrophoresis procedure was as
follows: 2 μL of the DNA sample and 2 μL of DL2000 DNA Ladder Marker (Takara, Osaka,
Japan) were loaded into the sample wells of an agarose gel. Electrophoresis was conducted
in a 1% TAE (Biosharp, Beijing, China) agarose gel at 100 V with a constant voltage and
an approximately 80 mA current for 20 min. DNA fragment size and concentration were
assessed by comparing the band positions and intensities with those of the Marker. Samples
with a bright main strip of 297 ± 25 bp were selected and all negative controls showed no
target bands, confirming the purity of the samples and the absence of contamination.

QIIME2 (v.2022.11) was employed, and the analysis workflow was modified and
optimized following the official tutorial (https://docs.qiime2.org/2022.11/tutorials/) (ac-
cessed on 2 September 2024). The raw sequencing data were processed, using the demux
plugin for decoding, the Cutadapt (v2.3) for primer removal, and the DADA2 (v1.26)
for quality filtering, denoising, and merging. Sequences were clustered into Amplicon
Sequence Variants (ASVs) using the uparse algorithm in VSEARCH (v2.7.1), and the re-
sulting sequences were clustered at 100% similarity to generate ASVs. The ASVs feature
sequences were, using the BLAST algorithm, compared against the reference sequences in
the NCBI (https://www.ncbi.nlm.nih.gov/) (accessed on 10 September 2024) and MitoFish
(http://mitofish.aori.u-tokyo.ac.jp) (accessed on 10 September 2024) database to obtain
taxonomic information for each ASV. Rare ASVs were excluded from the abundance matrix
for further analyses. Non-fish ASVs were excluded, and ASVs identified as belonging to
the same species were merged. The relative abundance of each fish species’ valid sequences
was calculated in Excel, and species identification was cross-verified and refined using the
Fishbase database (https://www.fishbase.de/search.php) (accessed on 22 September 2024)
and historical catch data from Dongshan Bay [24], along with additional information on
fish classification and life history.

2.4. Data Analysis

Data preprocessing was performed using Excel, and the differences in fish species
between the two seasons were visualized using a Venn diagram created through the
online platform Venny 2.1.0 (https://bioinfogp.cnb.csic.es/tools/venny/) (accessed on
27 September 2024). Initially, QIIME2 (v.2022.11) was used to randomly subsample the
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total sequence counts of each sample in the ASV abundance matrix at varying depths.
Rarefaction curves were generated based on the number of sequences sampled at each
depth and the corresponding number of ASVs. This process was used to assess whether the
current sequencing depth for each sample was adequate to capture the microbial diversity
of the community. Subsequently, to facilitate the comparison of diversity across samples,
the ASV abundance matrix was rarefied to 95% of the sequence count from the sample
with the lowest sequence count, thereby correcting for the sequencing of depth-related
diversity discrepancies between samples. Then, Alpha diversity was assessed using several
indices—the Shannon index (H′) and Simpson index (D′) [25,26]—to represent inter-group
diversity. We used the Chao1 index [27] to estimate inter-group richness, the Pielou_e index
(J′) [28] to measure species evenness, and the goods_coverage index to evaluate sample
coverage [29]. The calculation formulas are as follows:

Shannon index : H′ = −∑s
i=1 pi∗ln(pi) (1)

Simpson index : D′ = 1 − ∑ p2
i (2)

Chao1 index : Chao1 index = S +
n1(n1 − 1)
2(n2 + 1)

(3)

Pielou_e index : J′ = H′/lnS (4)

goods_coverage index : Coverage index = 1 − n1/N (5)

In the formulas, S is the number of ASVs; pi denotes the relative abundance of the
ASV for the i-th fish species as a proportion of the total fish abundance; n1 represents the
count of ASVs with only one sequence; n2 represents the count of ASVs with exactly two
sequences; and N indicates the total sequence count in the sample. All statistical analyses
and visualizations were conducted in R (v4.3.3) [30]. The vegan package (v2.6.6.1) was
used to calculate Alpha diversity indices, including the Shannon–Wiener index, Simp-
son index, Pielou_e index, and goods_coverage index. The Shapiro–Wilk normality test
was performed on each index, revealing that none of the indices conformed to a normal
distribution. Thus, the non-parametric Wilcoxon test was applied. Differences in Alpha
diversity indices between groups were evaluated using either a t-test or the Wilcoxon
test. In order to assess the similarity between samples, we employed pheatmap package
(v1.0.12) and used hierarchical clustering. For both rows and columns, Euclidean Distance
was used as the distance metric, and clustering was performed with the Complete Linkage
method. Complete Linkage merges clusters based on the maximum distance between
them, generating a dendrogram to illustrate the similarity relationships between samples
and species. The clustering results were visualized as a heatmap, where the color of each
cell indicated the standardized abundance of the samples and species. Detrended Corre-
spondence Analysis (DCA) was conducted by using the decorana function from the vegan
package to decide whether to apply Redundancy Analysis (RDA), which is based on linear
models, or Canonical Correlation Analysis (CCA), which is based on unimodal models,
in order to investigate the primary environmental factors influencing the distribution of
fish communities. If the gradient length of the ordination axes in DCA exceeded 4.0, CCA
was chosen; otherwise, RDA was used [31]. The plots were created using the ggplot2
package (v3.5.1).

3. Results

3.1. Species Composition

A total of 1,399,397 raw MiFish sequences were obtained. After initial quality filtering,
low-quality sequences and chimeras were removed, leaving a total of 1,309,228 sequences
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and 30,881 chimeric sequences. High-quality sequences accounted for 93.56% of the total
raw sequences.

A total of 76 fish species were detected across the winter and summer seasons, with
43 species identified in winter. These belonged to 23 orders, 30 families, and 41 genera.
Among these, 13 species were commonly detected in both winter and summer, representing
17.1% of the total species detected, as shown in Figure 2. These species included Acanthopa-
grus schlegelii, Pseudobalistes fuscus, Plectorhinchus cinctus, Acanthopagrus latus, Halichoeres
notospilus, Decapterus maruadsi, and so on. In winter, based on the ASVs detected, the five
families with the highest relative abundance were Gobiidae, Dasyatidae, Cynoglossidae,
Clupeidae, and Sparidae. In the summer, 45 fish species were identified, belonging to 19 or-
ders, 24 families, and 40 genera. The top five families with the highest relative abundance
in the summer were Gobiidae, Labridae, Clupeidae, Balistidae, and Carangidae (Table 1).

Figure 2. Venn diagram of fish species in winter (a) and summer (b).

Table 1. Detection of fish species in Dongshan Bay based on eDNA metabarcoding technology.

Order Family Species
Season

Winter Summer

Mugiliformes Mugilidae Planiliza affinis (Günther, 1861) * *
Valamugil speigleri (Bleeker, 1858) *
Moolgarda engeli (Bleeker, 1858) *
Mugil cephalus (Linnaeus, 1758) * *

Clupeiformes Clupeidae Sardinops melanostictus (Jenyns, 1842) * *
Clupanodon thrissa (Linnaeus, 1758) * *
Sardinella albella (Valenciennes, 1847) *
Sardinella hualiensis (Chu & Tsai, 1958) *

Engraulidae Encrasicholina punctifer (Fowler, 1938) *
Engraulis japonicus (Temminck & Schlegel, 1846) *
Thryssa hamiltonii (Gray, 1835) *

Centrarchiformes Girellidae Girella punctata (Gray, 1835) *
Terapontidae Pelates quadrilineatus (Bloch, 1790) *

Chaetodontiformes Leiognathidae Leiognathus brevirostris (Valenciennes, 1835) *
Leiognathus ruconius (Hamilton, 1822)

Acropomatiformes Banjosidae Banjos banjos (Richardson, 1846) *
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Table 1. Cont.

Order Family Species
Season

Winter Summer

Anguilliformes Congridae Uroconger lepturus (Richardson, 1845) *
Moringuidae Moringua javanica (Kaup, 1856) *
Muraenidae Uropterygius makatei (Bleeker, 1864) *
Nemichthyidae Nemichthys curvirostris (Strömman, 1896) *

Atheriniformes Atherinidae Hypoatherina valenciennei (Bleeker, 1854) *

Beloniformes Belonidae Strongylura strongylura (van Hasselt, 1823) *

Blenniiformes Blenniidae Parablennius yatabei (Jordan & Snyder, 1900) *

Caproiformes Caproidae Antigonia rubicunda (Ogilby, 1910) *

Carangiformes Carangidae Decapterus maruadsi (Temminck & Schlegel, 1843) * *
Selaroides leptolepis (Cuvier, 1833) *
Seriola dumerili (Risso, 1810) * *

Gadiformes Macrouridae Coelorinchus hubbsi (Matsubara, 1936) *

Gobiiformes Gobiidae Amblychaeturichthys hexanema (Bleeker, 1853) *
Drombus triangularis (Weber, 1909) * *
Parachaeturichthys polynema (Bleeker, 1853) *
Rhinogobius giurinus (Rutter, 1897) *
Trypauchen vagina (Bloch & Schneider, 1801) *

Kurtiformes Apogonidae Ostorhinchus pleuron (Fraser, 2005) *

Labriformes Labridae Cheilinus oxycephalus (Bleeker, 1853) *
Halichoeres notospilus (Günther, 1864) *
Halichoeres hartzfeldii (Bleeker, 1852) *
Hologymnosus doliatus (Lacepède, 1801) *
Labroides bicolor (Fowler & Bean, 1928) *
Labroides alleni (Randall, 1981) *
Leptojulis cyanopleura (Bleeker, 1853) * *
Parajulis poecilepterus (Temminck & Schlegel, 1845) *
Coris pictoides (Randall & Kuiter, 1982) *

Lutjaniformes Haemulidae Plectorhinchus cinctus (Temminck & Schlegel, 1843) * *

Perciformes Platycephalidae Platycephalus indicus (Linnaeus, 1758) *
Cottidae Trachidermus fasciatus (Heckel, 1837) *
Sebastidae Sebastiscus marmoratus (Cuvier, 1829) *
Serranidae Epinephelus akaara (Temminck & Schlegel, 1842) *

Epinephelus bruneus (Bloch, 1793) *
Epinephelus coioides (Hamilton, 1822) *

Stichaeidae Alectrias benjamini (Jordan & Snyder, 1902) *

Pleuronectiformes Cynoglossidae Cynoglossidae quadrilineatus (Bleeker, 1851) *
Paraplagusia japonica (Temminck & Schlegel, 1846) *

Scombriformes Scombridae Scomber japonicus (Houttuyn, 1782) * *
Auxis thazard (Lacepède, 1800) *

Trichiuridae Trichiurus japonicus (Temminck & Schlegel, 1844) *

Spariformes Sparidae Acanthopagrus latus (Houttuyn, 1782) * *
Acanthopagrus schlegelii (Bleeker, 1854) * *
Rhabdosargus sarba (Forsskål, 1775) *

Mulliformes Mullidae Upeneus japonicus (Houttuyn, 1782) *

Myctophiformes Myctophidae Benthosema fibulatum (Gilbert & Cramer, 1897) *
Benthosema pterotum (Alcock, 1890) *
Myctophum aurolaternatum (Garman, 1899) *

Syngnathiformes Syngnathidae Hippichthys penicillus (Cantor, 1849) *
Hippichthys spicifer (Rüppell, 1838) *
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Table 1. Cont.

Order Family Species
Season

Winter Summer

Tetraodontiformes Balistidae Pseudobalistes fuscus (Bloch & Schneider, 1801) * *

Monacanthidae Monacanthus chinensis (Osbeck, 1765) *
Paramonacanthus otisensis (Whitley, 1931) *
Stephanolepis setifer (Bennett, 1831) *

Trachichthyiformes Monocentridae Monocentris japonicus (Houttuyn, 1782) *

Zeiformes Parazenidae Cyttopsis cypho (Fowler, 1934) *
Zeidae Zeus faber (Linnaeus, 1758) *

Myliobatiformes Dasyatidae Brevitrygon walga (Müller & Henle, 1841) *
Hemitrygon akajei (Müller & Henle, 1841) *

Osmeriformes Salangidae Neosalangichthys ishikawae (Wakiya & Takahashi, 1913) *
Salangichthys microdon (Bleeker, 1860) *

Note: * indicates that the fish was detected in the season.

Regarding species richness, the HX3 station had the highest number of species in
winter, with 18 species detected, while the HXH1 station had the lowest, with only 5 species
detected. In summer, the DS04 station had the highest number of species, with 22 species
detected, and the HXH2 station had the lowest, with only 3 species detected, as shown in
Figure 3. The top 10 dominant species by relative sequence abundance across the sampling
sites are shown in Figure 3. Gobius sinensis and Sphaeramia nematoptera were detected at all
sites during both winter and summer.

Figure 3. Composition of dominant fish species at each sampling station during (a) winter and
(b) summer.
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3.2. Alpha Diversity Analysis

To comprehensively assess fish species richness and diversity across sampling sites, 5
Alpha diversity indices were calculated. As shown in Table 2, the goods_coverage index
for winter exceeded 0.99 across all sites, reflecting high sample coverage [32]. The average
Shannon index for winter was 1.563, peaking at 2.093 at DS03 and dipping to 0.701 at
HXH1. The average Simpson index was 0.678, ranging from 0.828 at DS05 to 0.354 at HXH1.
Although the Shannon and Simpson indices showed general consistency, site-specific
differences were evident. The Chao1 index was averaged at 11.028, with the highest value
of 18.333 recorded at HX3 and the lowest value of 5.000 recorded at HXH1. The Pielou_e
index averaged 0.459, with the highest value of 0.553 seen at HX2 and the lowest value of
0.287 seen at HX5.

Table 2. Alpha diversity index.

Site
Shannon Index Simpson Index Chao1 Index Pielou_e Index goods_coverage Index

W S W S W S W S W S

HX3 1.979 1.151 0.768 0.414 18.333 19.200 0.475 0.295 0.998 0.931
DS03 2.093 1.823 0.807 0.783 17.000 12.500 0.512 0.527 1.000 0.967
DS04 1.645 2.545 0.756 0.878 11.000 25.500 0.476 0.571 0.999 0.931
DS05 1.953 0.591 0.828 0.268 12.000 5.000 0.545 0.254 0.998 0.988

HXH2 1.550 0.506 0.706 0.255 7.000 3.000 0.552 0.319 1.000 1.000
HXE1 1.716 0.977 0.719 0.494 13.000 5.000 0.464 0.421 1.000 0.982
DS06 1.408 1.396 0.623 0.682 11.000 7.000 0.407 0.497 1.000 1.000
HX1 1.232 1.218 0.608 0.678 7.000 4.000 0.439 0.609 1.000 1.000
HX2 1.978 1.311 0.822 0.678 12.000 5.000 0.553 0.565 1.000 1.000
HX5 0.861 1.643 0.377 0.715 9.000 13.000 0.287 0.458 0.994 0.972

HXH1 0.701 0.681 0.354 0.415 5.000 3.000 0.302 0.430 1.000 0.972
HX4 1.646 2.234 0.765 0.876 10.000 11.000 0.495 0.646 1.000 1.000

Note: W: winter; S: summer.

In summer, the average Shannon index was 1.340, with the highest value of 2.545
observed at DS04 and the lowest value of 0.506 seen at HXH2. The Simpson index averaged
0.595, ranging from 0.878 at DS04 to 0.255 at HXH2, following a similar trend. The Chao1
index averaged 9.433, with a maximum value of 25.5 seen at DS04 and a minimum value of
3.000 seen at HXH2. The Pielou_e index was 0.466 on average, with the highest value of
0.646 recorded at HX4 and the lowest of 0.254 at DS05.

The fish species composition heatmap at the species level reveals differences in species
composition across various sampling sites, as shown in Figure 4. Clustering analysis of the
sites indicates that winter sites HXE1 and DS03 share the greatest similarity. Regarding
species clustering, the distributions of Strongylura strongylura and Leiognathus brevirostris are
most similar across different sites. In terms of species abundance, DS03 demonstrates higher
species richness and diversity, while HXH1 shows lower diversity, which is consistent
with the Alpha diversity index results. In the summer, sites HXH2 and DS05 exhibit the
greatest similarity. Species clustering shows that the distribution of Pelates quadrilineatus
and Scomber japonicus across different sites is most similar. In terms of species diversity and
richness, the DS04 and HX5 sites show higher levels of both, while HXH2 exhibits lower
diversity, which corresponds closely to the Alpha diversity index findings.

144



Water 2025, 17, 452

 
Figure 4. Heat maps of the fish species composition in the Dongshan Bay for the winter (a) and
summer (b).

Figure 5 presents a comparison of Alpha diversity between the two seasons. Both the
Shannon and Simpson indices in winter are higher than those in summer, suggesting that
the fish diversity in winter is generally higher than that in summer. The Chao1 index for
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winter is also greater than that in summer, although summer shows two notable larger
values at the HX3 and DS04 sites. The species richness at these two summer sites is
significantly higher than that at the other sites, but overall, fish richness remains lower
in summer compared to winter. There is no significant difference in the Pielou_e index
between the two seasons (p > 0.05). The uniformity between sites in summer shows more
variation, while the winter uniformity is relatively consistent, with the Pielou_e index
predominantly around 0.5.

Figure 5. A comparison of winter and summer fish Alpha diversity index using the (a) Shannon
index, (b) Simpson index, (c) Chao1 index, and (d) Pielou_e index.

3.3. Correlation Analysis of Environmental Factors

Figure 6 presents the environmental factors determining the fish distribution. In
winter, the arrows for WT and Sal are relatively short, suggesting that these factors have a
limited capacity to distinguish between samples during winter. In contrast, chlorophyll and
BGA PE exhibit longer arrows, indicating that they have a more significant influence on
sample distribution in winter. HX1 and HX2 are located closer to chlorophyll, suggesting
that these sites are more strongly influenced by this environmental factor. DS05 appears
as an isolated point, showing a weak correlation with most environmental variables. In
summer, the arrows for WT and DO are notably extended, indicating that these factors
have a significantly stronger influence on sample distribution in summer. Sal continues
to have a significant effect in summer, consistent with the winter findings. HX3 and HX4
are positioned closer to WT and DO, suggesting that these sampling sites are located in
areas with high temperature and high oxygen levels. In winter, the primary factors are
chlorophyll and BGA PE, indicating that photosynthesis-related variables play a dominant
role during this season. In contrast, WT and DO are the key factors in summer, highlighting
that WT and DO are the decisive influences. The sample distribution in winter is more
dispersed, suggesting the environmental factors have a lesser impact on the fish community
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structure across the sites. In summer, the sample distribution becomes more concentrated,
indicating that environmental factors may have a stronger gradient effect.

Figure 6. Redundancy analysis (RDA) of fish communities in each site and environmental factors in
the Dongshan Bay during (a) winter and (b) summer.

4. Discussion

4.1. Fish Species Composition in Dongshan Bay During Winter and Summer

Due to the extensive area of cage aquaculture in Dongshan Bay, traditional sampling
methods, such as bottom trawling, are difficult to implement in these areas [24]. As a result,
we utilized eDNA metabarcoding technology to analyze the fish diversity in Dongshan Bay
during winter and summer. The eDNA metabarcoding analysis of samples from 12 sites
identified a total of 76 fish species. At the class level, the majority of species belonged
to Actinopteri, while only one species from Chondrichthyes, Brevitrygon walga—was de-
tected in winter. The Mifish-U primers used in the analysis are optimized for amplifying
Actinopteri and show limited effectiveness for Chondrichthyes, which contribute to these
phenomena [33]. A total of 43 species were identified in winter and 45 were found in in
summer: the total number of species detected showed little variation. Overall, 13 species
were detected in both winter and summer, representing 27.9% of the winter species and
26.7% of the summer species, highlighting distinct seasonal differences in species composi-
tion. In a gillnet survey conducted by our laboratory in November 2014 (unpublished), 115
fish species were captured, exceeding the 76 species identified in this study. A comparison
shows that the 2014 survey involved more sampling sites and a longer duration, with
a broader spatial distribution of sites. The differences in temporal and spatial factors
were likely the main reasons for the discrepancy in the number of fish species identified
between the two studies. Previous fishing surveys in Dongshan Bay and its adjacent waters
identified 43 fish species in spring and detected 45 in autumn [34]. This was similar to the
number of species identified through eDNA, but there was a notable difference in terms of
dominant species composition. According to past fishing surveys, Thryssa mystax was the
dominant species, with other key species including Sardinella zunas, Leiognathus brevirostris,
and Secutor ruconius. In contrast, our eDNA survey revealed that the dominant species in
Dongshan Bay were smaller species such as Drombus triangularis, Rhinogobius giurinus, and
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Clupanodon thrissa. This results suggests a clear trend towards smaller dominant species
in the fish community of Dongshan Bay, as well as a marked decrease in economically
significant species. As a crucial fishery resource base in Fujian Province, Dongshan Bay
has been experiencing increasing fishing pressure due to its growing development. An
assessment in 2018 indicated that the overall carrying capacity of Dongshan Bay’s fishery
resources is reaching a critical threshold, and the impact of fishing may be a significant
driver of the observed changes in fish species composition and diversity in this region [35].

4.2. Alpha Diversity Analysis and Correlation with Environmental Factors

In winter, the minimum values for the diversity and richness indices, including
Shannon, Simpson, and Chao1, were observed at the HXH1 site, indicating that this site
exhibited the lowest levels of fish diversity and richness. The HXH1 site is located at the
intake of the Zhangzhou nuclear power plant, which generates significant heat during its
operation and uses a cooling water system to dissipate this heat [36]. The intake can become
obstructed due to the accumulation of aquatic organisms and sediment, and intercepting
nets are installed to drive swimming species. Dispersal agents are also regularly used
to drive away nearby aquatic life, which may be a significant factor contributing to the
lower fish diversity and richness at HXH1 [37,38]. The DS03 site exhibited high diversity,
while HX3 had the highest species richness. DS03 and HX3 are located in coral and
aquaculture areas, respectively. These areas provide optimal ecological conditions and
abundant food resources [39], attracting fish to inhabit and forage in these environments.
Human activities in the aquaculture area also have negative effects, one of which is the
onset of red tides caused by water eutrophication. The secretions from red tide algae
can obstruct the gills of fish, impairing their ability to breathe and leading to suffocation
and death. Moreover, the respiratory processes of the algae, along with the breakdown
of their dead cells, significantly deplete the amount of DO in the seawater, resulting in
severe hypoxia that further contributes to fish suffocation. Additionally, certain toxic algae
produce substances that, once ingested by fish, accumulate in their bodies, ultimately
leading to poisoning and death. Dongshan Bay, which is typically prone to red tide events,
did not experience any during the two seasons observed in this study.

In summer, the highest and lowest diversity and richness values, as indicated by the
Shannon, Simpson, and Chao1 indices, were found at the DS04 and HXH2 sites, respectively.
The DS04 site recorded 22 fish species, while HXH2 recorded only 3 species, including
Labropsis alleni, Drombus triangularis, and Coris pictoides. Despite the proximity of these
two sites, there was a considerable difference in fish composition and diversity. This
disparity could be explained by the fact that DS04 is located in an aquaculture area. Human
activities in the aquaculture area, such as feeding and the discharge of domestic wastewater,
significantly contribute to the increase in nutrients in the water. This nutrient enrichment
fosters the growth of phytoplankton, which in turn boosts primary productivity at the
site and attracts fish to congregate [40]. Another contributing factor may be the escape of
cultured fish from nearby farms, with species such as Acanthopagrus schlegelii, Decapterus
maruadsi, and Mugil cephalus commonly being cultured. In contrast, HXH2 is located
near the discharge outlet of the nuclear power plant, where fish are impacted by thermal
pollution from the warm discharge water [41], which may explain the lower diversity and
richness at this site.

Fish community is influenced by both biotic and abiotic factors, and the relationship
between environmental factors and fish communities varies significantly across different
scales and ecosystem types [42,43]. In winter, environmental factors have a relatively
balanced influence, with photosynthesis-related factors having a greater effect. Chlorophyll
is strongly associated with primary productivity [44], and phytoplankton, which form the
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foundation of the aquatic food web, play a crucial role in providing food for fish. On the
other hand, BGA PE is an important indicator in predicting red tide events. The massive
proliferation of red tide algae can deplete nutrients in the water and even generate toxins,
posing a threat to fish survival [45]. In the summer, WT and DO have a great impact on
fish diversity. The influence of WT on fish communities is multifaceted, involving both
physiological adaptation and ecological interactions [46]. An appropriate water temper-
ature supports the stability and health of fish communities, while extreme temperatures,
either too high or too low, can destabilize community structure, impact fish reproduction,
food availability, and habitat conditions, ultimately leading to shifts in fish populations.
DO supports the healthy circulation of substances in the water and reflects the suitability
of the habitat for fish [47]. Dongshan Bay is a eutrophic bay, and during summer, rising
temperatures lead to large cyanobacteria blooms, which can reduce DO levels in the water.
However, according to the results of the environmental parameters, DO did not exhibit a
negative correlation with temperature. This suggests that the summer survey may have
occurred during the early stages of a red tide, when the oxygen produced by cyanobacterial
photosynthesis outweighed the oxygen consumed through respiration. The level of DO
in seawater affects fish respiration, swimming speed, and metabolic rate. Furthermore,
chlorophyll and DO levels also influence zooplankton size and composition, which in turn
affects fish species that predominantly feed on zooplankton, such as Halichoeres notospilus
and Decapterus maruadsi. This could help explain the relatively higher sequence abundance
of these species in our summer samples.

4.3. Impact of Thermal Discharge from Zhangzhou Nuclear Power Plant on Fish Communities

Water temperature plays a critical role in marine ecosystems and the biological activi-
ties of marine organisms. It significantly influences individual growth, metabolism, the
maturation of reproductive cells, and the overall life cycle of species [48]. Compared to
terrestrial and freshwater environments, ocean water temperature fluctuations are generally
smaller, and marine organisms, including fish, have relatively low tolerance to temperature
changes, making them more susceptible to the effects of thermal pollution [49,50]. Ther-
mal discharge can alter the normal distribution of aquatic organisms, leading to shifts in
community structure and abnormal developmental occurrences, and can also significantly
impact migratory species. Thus, the impact of thermal discharge on fish is an issue that
should not be underestimated [51].

DO levels in the aquatic environment significantly influence the life activities of aquatic
organisms as DO is one of the essential factors required for metabolic processes. There is
a strong negative correlation between water temperature and dissolved oxygen content.
As the water temperature rises from 0 ◦C to 40 ◦C, the dissolved oxygen concentration
decreases. However, in general, temperature increases in non-polluted water bodies do
not lead to a reduction in dissolved oxygen levels below the minimum threshold required
for fish survival [52]. However, at the discharge site during both seasons, no negative
correlation was observed between DO and WT. The effect of thermal effluent diffusion on
the environment is a complex issue. Given the elevated chlorophyll levels at the HXH2
site, we hypothesize that the higher water temperature at this site facilitated the growth
of thermophilic algae [53], which in turn boosted the DO concentration in the water,
counteracting the direct impact of WT on DO.

At the HXH2 site, located near the discharge outlet of the Zhangzhou Nuclear Power
Plant, the water temperature is notably influenced by thermal discharge. The temperature
at HXH2 (30.57 ◦C) is the highest among the 12 sampling sites, being 5 ◦C higher than the
lowest temperature observed at HX4 and 3 ◦C above the average temperature at neighbor-
ing sites. Under high summer temperatures, thermal discharge further raises the water
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temperature at HXH2, surpassing the optimal living temperature for many fish species.
This results in the avoidance of the area by fish during peak temperature periods. The three
species detected at HXH2 are all warm-water species that prefer temperatures above 29 ◦C.
Dongshan Bay, being a semi-enclosed bay, experiences seasonal variations in temperature,
with winter temperatures primarily influenced by the Taiwan warm current [54]. During
this period, freshwater input from the Zhangjiang River is minimal, and the warm water
from the Taiwan current dominates, bringing additional warmth to the bay, which has lim-
ited water exchange. As a result, the environmental data collected during winter showed a
temperature gradient, decreasing from south to north. The inflow of warm water during
the winter months did not create a noticeable heating effect, and the water temperature at
HXH2 did not differ significantly from surrounding areas. Moreover, there was no evidence
of fish aggregating around thermal discharge areas during the colder months.

5. Conclusions

Traditional methods for fish resource surveys are time-consuming and labor-intensive.
In contrast, eDNA metabarcoding technology outperforms traditional techniques in sen-
sitivity, standardization, and species identification. It is also simple to use and has great
potential for monitoring and conserving fish diversity. Despite the many advantages of
eDNA metabarcoding technology, it cannot yet fully replace traditional fish survey meth-
ods. One limitation is that eDNA metabarcoding can only identify the presence of species
based on genetic information from environmental samples, without providing key details
such as population size, age structure, physiological condition, and the developmental
stages of the target species. Additionally, the effectiveness of eDNA metabarcoding de-
pends on the completeness of molecular databases; missing sequences for target species in
the database can lead to false-negative results. Moreover, due to the complex mechanisms
underlying eDNA presence in aquatic environments, further research is needed to improve
the accuracy of estimating species relative biomass from eDNA sequence abundance.

In Dongshan Bay, where bottom trawl surveys are difficult to conduct, we applied
eDNA metabarcoding technology to detect a total of 76 fish species over the winter and
summer seasons, with 43 species detected in winter and found 45 in summer. Thirteen
species were shared between the two seasons, revealing significant differences in species
composition. We also analyzed the distribution of fish diversity across sampling sites, and
the alpha diversity indices showed no significant seasonal differences, suggesting that the
fish community in the region is relatively stable. Furthermore, we provide preliminary
evidence of the impact of thermal discharge from the Zhangzhou Nuclear Power Plant on
local fish communities. Fish exhibited a clear avoidance of high-temperature areas during
the summer, while no significant changes were observed in the winter. Our findings can
provide valuable scientific support for the conservation of fish diversity and the sustainable
development of fishery resources in Dongshan Bay.
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Abstract: Freshwater ecosystems face increasing pressures from human activities, leading
to degraded water quality and altered habitats for aquatic species. This study investi-
gates the relationship between water quality and waterbird distribution along the Lieve
River, Belgium, based on manually conducted waterbird counts and water quality data
collected from 48 transects in March 2024. Localized eutrophication was evident, with TN
(2.7–5.6 mg L−1), TP (up to 0.46 mg L−1), and chlorophyll-a (median 70 ppb) exceeding
environmental thresholds. Prati index analysis revealed that 58.3% of the sampling points
along the Lieve River were categorized as “polluted”, reflecting extensive water quality
degradation. Eurasian coots (71.4%) and wild ducks (72.4%) were predominantly found in
polluted areas, thriving in nutrient-enriched habitats linked to high TP levels. In contrast,
common moorhens (80.3%) preferred acceptable quality areas, indicating higher water
quality requirements. These findings indicate that phosphate is a key driver of waterbody
eutrophication, as evidenced by the TP concentrations measured on-site, which far exceed
the thresholds set by environmental standards. Future research should explore advanced
monitoring approaches to improve waterbird and water quality assessments, ensuring the
conservation of the Lieve River as one of Europe’s oldest artificial canals, and the protection
of its waterbird habitats.

Keywords: water quality; waterbird; nutrient dynamics; Prati index; organic matter; habitat
suitability; Lieve River; eutrophication; freshwater ecosystem

1. Introduction

Human activities are placing unprecedented pressures on global freshwater ecosys-
tems, leading to significant declines in water quality and biodiversity [1]. Freshwater
habitats are vital for supporting ecological functions, providing critical ecosystem services,
and sustaining species dependent on specific environmental conditions [2]. Among these
species, waterbirds can serve as bioindicators whose habitat preferences and distribution
patterns are closely linked to water quality [3,4]. Environmental factors such as turbidity,
nutrient concentrations, dissolved oxygen (DO), and pollutants create diverse habitat con-
ditions within river systems, influencing where waterbirds forage, nest, and gather [5–7].
Conversely, waterbirds themselves can influence water quality through behaviors like for-
aging and excretion [8,9]. Understanding these interdependencies is critical for advancing
ecological knowledge, informing effective conservation strategies, and identifying ecologi-
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cal drivers of species distribution, particularly in riparian zones where human pressures
intersect with natural ecosystems [4,10,11].

The Lieve River in Belgium provides a valuable case study for examining the relation-
ship between water quality and waterbird habitat distribution. Originally constructed in
the 13th century as one of Europe’s earliest trade canals, it is now a small yet ecologically
and historically significant freshwater system that has evolved into a biologically rich
habitat and a recreational corridor on the outskirts of Ghent, Belgium’s third-largest city
in the Flanders region [12]. This dual role as both a natural habitat for waterbirds and
a public recreational area brings complex challenges, particularly in balancing habitat
health with pressures from human use [13–15]. Urban runoff, agricultural drainage, and
residential activities such as commuting, cycling, and horseback riding may influence
waterbird distribution and water quality along the Lieve River [9,16,17]. Studying the local
waterbird responses to water quality variations not only reveals insights specific to the
Lieve River but also enhances our understanding of how biodiversity in urban freshwater
systems is shaped by varying environmental conditions [18,19].

Water quality factors such as nutrient levels, organic matter, and chlorophyll-a concen-
trations play critical roles in shaping waterbird habitats. Previous studies have highlighted
the importance of these parameters in influencing bird distribution patterns [17,20,21]. For
instance, elevated chlorophyll-a levels, a proxy for trophic state, are often associated with
eutrophication, creating productive habitats for species like the Eurasian coot and wild
duck [22]. Similarly, DO is a key determinant of water health, with low levels often corre-
lating with degraded environments that limit food availability for waterbirds [8]. Organic
matter indicators, such as total organic carbon (TOC) and chemical oxygen demand (COD),
also significantly influence habitat suitability by supporting food web productivity and
vegetation growth [21,23]. Spatial variations in these water quality parameters along the
Lieve River reflect the combined effects of agriculture, urban runoff, and direct discharge
of domestic wastewater. These anthropogenic pressures not only create localized impacts
but also cumulatively influence habitat conditions, making these parameters central to
understanding bird distributions. Similar localized patterns have been documented in
studies of ecological dynamics in freshwater systems [4,11,24].

In this study, we focused on the Lieve River, which traverses a landscape characterized
by intensive agricultural use, small-town communities, and facilities such as animal feed
factories that contribute to nutrient loading and organic pollution [12,25]. In overdeveloped
and polluted river basins, habitat degradation has led to significant declines in waterbird
populations, as evidenced by studies conducted in Europe and other regions with similar
environmental conditions. Related studies include the impacts of organic micropollutants
(OMPs) in Spain (which have driven waterbird population declines), river regulation in
Poland (which reduced breeding-bird richness by 23% and abundance by 33%), and wetland
restoration in Southern California (which improved water quality and boosted endangered
bird populations), underscore the need for waterbird habitat protection and pollution
control, as mandated by the EU Birds Directive 2009/147/EC, which designates IBAs as
Special Protection Areas (SPAs) within the Natura 2000 network [26–31]. These findings
underscore the critical need to investigate how water quality parameters affect waterbird
habitat distribution along the Lieve River. Over an 11 km stretch, 48 monitoring locations
were established to analyze key water quality parameters, such as dissolved oxygen,
nutrient concentrations, and organic matter. Waterbird surveys targeted three principal
species: the Eurasian coot (Fulica atra), the wild duck (Anas platyrhynchos), and the common
moorhen (Gallinula chloropus), providing a comprehensive assessment of species abundance
and distribution along the river. This study also considers the challenge of balancing
ecological conservation with the preservation of historically significant freshwater systems
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like the Lieve River. Addressing these interconnected objectives helps bridge the gap
between biodiversity conservation and cultural heritage management, offering insights
into managing ecologically and culturally valuable systems [15].

The study addresses the following research questions: (1) What is the water quality
along the Lieve River and are environmental limits exceeded? (2) How are birds distributed
along the Lieve River? (3) Can correlations be found between water quality and bird
distribution along the Lieve River? (4) What policy recommendations and future research
directions can be proposed to enhance water quality management and the conservation of
waterbird habitats along the Lieve River? The findings and the methodology of this study
provide valuable insights into investigating similar river systems on the planet.

2. Materials and Methods

2.1. Study Area

This study was conducted along an 11 km stretch of the Lieve River, located in the
municipality of Lievegem, near Ghent in Belgium’s Flanders region (51◦03′ N, 3◦43′ E)
(Figure 1). It serves as a critical habitat for diverse waterbird species and remains a
recreational corridor for the surrounding communities. Based on elevation data from
Figure 1, the Lievegem area features low-lying terrain (30 m) and flat topography, which is
particularly suitable for agricultural use [32]. The river flows through urban, agricultural,
and peri-urban landscapes, creating a natural gradient of environmental pressures, such
as nutrient runoff, urban inputs, and recreational use [25,33,34]. These anthropogenic
factors contribute to spatial variations in water quality, influencing the habitat suitability of
waterbirds.

Figure 1. Study area. The blue line marks the Lieve River within Lievegem, where the sampling was
conducted. Elevation data is sourced from NASA’s 30 m Digital Elevation Model (DEM) [32].

To facilitate a detailed investigation of water quality and waterbird distributions,
the study area was systematically divided into 24 monitoring regions, labeled F1, F2, F3,
... F24. Within each track, water samples were collected at 200 m intervals, resulting in
48 monitoring transects. Each transect is referred to as F1S1, F1S2, F2S1, F2S2, and so
forth, where “S1” and “S2” indicate the first and second segments within each 200 m
interval. A minor exception was made at F17, where F17S1 covers a 200 m segment, while
F17S2 represents a slightly shorter distance of 150 m due to site-specific constraints. A
visual representation of this division is provided in Supplementary Materials, Figure S1.
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This adjustment ensured that the overall monitoring design remained consistent and
comprehensive.

In addition to water quality sampling, waterbird abundance was recorded on-site at
each of the 48 monitoring transects during field surveys. This systematic field recording
was conducted to align with the spatial resolution of the water quality monitoring, enabling
detailed correlations between water quality parameters and bird distribution patterns.
This structured sampling design ensured consistent and high-resolution coverage of both
environmental and biological data across the entire study area [35]. The segmentation
framework facilitated the identification of localized patterns in water quality and their
associations with waterbird abundance and habitat preferences [13,36].

2.2. Water Quality Measurement

The water quality assessment for this study on the Lieve River was conducted during
a comprehensive sampling campaign in March 2024, encompassing measurements across
48 designated monitoring 200 m transects along an 11 km stretch of the river. Water quality
parameters were analyzed through both in situ field measurements and laboratory analyses
to provide a detailed evaluation of spatial variability in key water quality indicators.

Field measurements: DO, water temperature, pH and electrical conductivity (EC),
were measured using a handheld multiprobe (WTW Multi, WTW Xylem Inc., Weilheim,
Bavaria, Germany). Turbidity and chlorophyll-a were measured using an AquaFluor hand-
held fluorometer (San Jose, CA, USA) from Turner Designs. Each parameter was measured
3 times per site to ensure consistency and accuracy, with average values recorded. To avoid
cross-contamination, all probes were thoroughly rinsed with deionized water between
measurements. In addition, weather conditions, water flow characteristics, and any notable
human activities (e.g., recreational use or agricultural drainage) were documented onsite
to supplement field observations. Equipment was checked before and after sampling to
ensure reliable performance and data integrity.

In addition to in situ measurements, water samples were collected for further lab-
oratory analysis. For water sample collection, a bucket was rinsed 3 times with stream
water, with the sides and bottom hand-washed, and the rinsing water discarded onshore or
downstream. From the bucket, unfiltered samples were transferred into leakproof, freeze-
resistant recipients for COD, TOC, TN, and TP analysis, while filtered samples (0.45 μm
pore PES filter) were transferred into separate recipients for the analysis of NO2

−, NO3
−,

NH4
+, and PO4

3−.
Laboratory Analysis: Water samples from all 48 transects were transported at 4 ◦C

in the dark to preserve their integrity and then stored in a refrigerator at −20 ◦C until
analysis. Nutrient concentrations, including NH4

+-N, NO3
−-N, NO2

−-N, orthophosphate
(PO4

3−-P), total nitrogen (TN), and total phosphorus (TP), were measured spectrophoto-
metrically using low-range Merck test kits with a spectrophotometer (Hach® DR6000™,
Hach Company, Loveland, Colorado, USA). The organic content, including total inorganic
carbon (TIC) and TOC, was analyzed at the Laboratory of AECO at Ghent University using
a TOC analyzer (Shimadzu TOC-L, Shimadzu Corporation, Kyoto, Japan). COD was also
measured to evaluate organic matter content. All laboratory analyses were conducted
with instruments regularly calibrated using certified standard solutions to ensure high
analytical precision and accuracy. We adhered to the quality assured by the American
Public Health Association (APHA) and the United States Environmental Protection Agency
(US EPA) [37,38]. The detailed measurement accessories and kits are provided in Table S5
of Supplementary Materials.
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2.3. Waterbird Survey

Waterbird surveys were conducted simultaneously with water quality measurements
in March 2024 to provide integrated insights into the relationship between water quality
and bird distribution. The survey focused on quantifying populations of three princi-
pal waterbird species: the Eurasian coot (Fulica atra), the wild duck (Anas platyrhynchos),
and the common moorhen (Gallinula chloropus), all of which are ecologically significant
indicators of freshwater habitat health [39–41]. The survey was conducted at every 50 m
transect within these transects to ensure detailed and fine-scale data collection. Each
transect was systematically marked to prevent overlap and ensure precise counts. Field
observers followed standardized ornithological protocols, manually recording the number
and species of waterbirds encountered at each interval. This systematic approach facil-
itated the accurate capture of bird abundance and species distribution across the study
area. Ethical considerations were integral to the survey design. Observers maintained a
sufficient distance from the birds to avoid disturbance and ensured minimal disruption
to their natural behaviors. Field documentation also included notes on habitat conditions
and potential human activities in the area, providing additional context for the recorded
distributions [42,43].

2.4. Data Analysis

To evaluate the relationships between water quality parameters and waterbird abun-
dance, both the Mantel test and Pearson correlation analysis were performed using R
Studio (version 2022.12.0, Posit Software, Boston, MA, USA, 2022) [44,45]. The Mantel
test was applied to identify spatial correlations between environmental factors (e.g., water
quality parameters) and bird distributions by calculating the correlation between two dis-
tance matrices: one for environmental variables and the other for bird abundances across
the 48 monitoring transects. The Pearson correlation analysis was conducted to examine
pairwise relationships between water quality variables and bird abundance [46,47]. In
this study, the terms NH4-N, NO3-N, NO2-N, and PO4-P are used to represent the weight
of nitrogen (N) or phosphorus (P) atoms within their respective molecular forms (e.g.,
NH4

+, NO3
−, NO2

−, and PO4
3−), serving as proxies for the concentrations of these ions.

Additionally, for the measurement of COD, a value of “<10” was recorded at site F1 S2; to
facilitate calculations and maintain consistency in the analysis, the boundary value of 10
was used for this measurement.

To assess the degree of pollution in the Lieve River, the Basic Prati water quality index
(Prati WQI; hereafter referred to as the Prati index), developed by Prati et al. (1971) [48],
was utilized. This index aggregates multiple pollutants, more specifically dissolved oxygen
saturation (DO_sat), COD, and NH4-N, into a single score. Using transformation formulas,
measured values are standardized and their average provides an index score that simplifies
complex water quality data into a clear and logical format [49]. In this study, the Basic
Prati index was calculated for each sampling point, with specific methods detailed in
Supplementary Materials. Water quality was classified into five categories based on the
Prati Index evaluation: Excellent (0–1), Acceptable (1–2), Polluted (2–4), Heavily Polluted
(4–8), and Extremely Polluted (>8). Based on this, a standardized framework for identifying
pollution gradients and hotspots in the Lieve River was used [50–52].

To evaluate the ecological health of the Lieve River, measured water quality parame-
ters were compared against established environmental standards for freshwater systems.
These standards (Supplementary Materials Table S6) were compiled from established in-
ternational and regional sources, including the World Health Organization (WHO, 2011),
the European Union Water Framework Directive (WFD, 2000/60/EC), the United States
Environmental Protection Agency (US EPA), and VLAREM (the Flemish environmental
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legislation in Belgium), which classifies this section of the Lieve River as a “small river”,
and supporting literature such as Williams (2001) and Kim (2021) [53–58].

3. Results and Discussion

3.1. Spatial Variability of Water Quality Parameters

The spatial variability of water quality parameters along the Lieve River was analyzed,
focusing on environmental factors represented as in situ variables (Chlorophyll-a, DO,
pH, EC), nitrogen species (TN, NO3-N, NO2-N, NH4-N), phosphorus species (PO4-N, TP),
and organic matter (TIC, TOC, COD). Figure 2. illustrates the spatial distribution of these
parameters, highlighting significant variations across monitoring locations. Other detailed
values for those parameters are provided in Supplementary Materials Tables S1–S3.

Figure 2. Spatial distribution of water quality parameters along the Lieve River. (a) In situ variables
(Chlorophyll-a, ppb; pH; DO, mg L −1); (b) Nitrogen species (TN, NO3-N, NO2-N, NH4-N, mg L−1);
(c) Phosphorus species (PO4-P, TP, mg L−1); (d) Organic matter indicators (TIC, TOC, mg C L−1;
COD, mg O2 L−1).
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Chlorophyll-a concentrations demonstrated a clear spatial gradient along the river.
The values ranged from 41.1 ppb at F3 S2 to 126.1 ppb at F24 S1, the highest recorded
value. Additional peaks were observed at F23 S2 (116.0 ppb) and F21 S2 (113.8 ppb).
Areas closer to the F1 direction, such as F3 S2 (41.1 ppb) and F4 S1 (44.3 ppb), exhibited
significantly lower chlorophyll-a levels. DO concentrations ranged from 5.30 mg L−1 at
F12 S2 to 12.07 mg L−1 at F24 S1. The pH was very stable, with an average value hovering
around 7.50. This spatial pattern indicates increased algal productivity towards the F24
direction (Figure 2a).

Nitrogen species displayed distinct spatial trends. TN concentrations ranged from
2.4 mg L−1 at F15 S1 to 5.8 mg L−1 at F22 S1. NO3-N concentrations peaked at 2.7 mg
L−1 at F22 S1 and 2.6 mg L−1 at F21 S1 and F18 S2. NH4-N concentrations were highest
at 0.31 mg L−1 at F22 S1, while NO2-N remained consistently low, ranging between 0.02
and 0.08 mg L−1. Higher nitrogen levels in the F24 direction suggest localized nutrient
enrichment, possibly from agricultural or urban runoff (Figure 2b).

Phosphorus species exhibited spatial variability. PO4-P concentrations ranged from
0.03 mg L−1 at F3 S1 and F3 S2 to 0.11 mg L−1 at F12 S1, the highest value recorded. TP
concentrations varied between 0.14 mg L−1 at F17 S1 and 0.46 mg L−1 at F22 S1. Elevated
phosphorus levels at F12 S1 and F22 S1 indicate localized nutrient input, likely driven by
human activities. Lower phosphorus levels were observed near the F1 direction, such as at
F4 S1 (Figure 2c).

Organic matter indicators showed substantial spatial variability. TOC concentrations
ranged from 9.8 mg C L−1 at F1 S2 to 12.7 mg C L−1 at F24 S1, while COD varied between
10 mg O2 L−1 at F1 S2 and mg O2 L−1 at F22 S1. TIC values also showed variability, with
higher TIC often observed in regions of elevated TOC and COD. Elevated TOC and COD
levels at F22 S1 and F24 S1 suggest organic matter accumulation, potentially linked to
decomposition processes (Figure 2d).

3.2. Prati Index-Based Water Quality Assessment

The water quality of the Lieve River, assessed using the Prati index, displayed spatial
and categorical variability across the 48 sampling points, as shown in Figure 3. Results in-
dicated that 41.7% (20 locations) of the sampling locations were categorized as “Acceptable
quality” (Prati index ≤ 2.0), while 58.3% (28 locations) were classified as “Polluted” (Prati
index > 2.0). The distribution of water quality classifications reveals a trend, with cleaner
sites predominantly located near the F1 direction and more polluted sites concentrated
closer to the F24 direction. This spatial variability highlights potential cumulative anthro-
pogenic impacts, such as urban runoff, agricultural discharge, and point-source pollution,
contributing to water quality degradation. A detailed summary of Prati index results is
provided in Supplementary Materials Table S4.

Spatial analysis of the Prati index values revealed distinct differences between
sites. Locations near the F1 direction, including F1 S2 (Prati index = 1.40) and F4
S1 (Prati index = 1.93), were associated with higher DO_sat (≥80%), moderate COD
(≤31 mg O2 L−1), and low NH4-N (≤0.2 mg L−1). These conditions reflect reduced levels
of organic and nitrogenous pollution, which is indicative of favorable water quality. In
contrast, sites near the F24 direction, such as F12 S2 (Prati index = 2.97) and F24 S1 (Prati
index = 2.56), showed reduced DO_sat (e.g., F12 S2 = 49%) and elevated COD and NH4-N
levels. F24 S1, for instance, recorded high COD (47 mg O2 L−1) and NH4-N (0.22 mg L−1),
suggesting significant organic and ammonia-related contamination at these locations. This
spatial trend underscores the influence of cumulative pollution along the river.
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Figure 3. Spatial distribution of Prati index and water quality classification along the Lieve River.
Green bars represent “Acceptable quality” (Prati index ≤ 2.0); Yellow bars represent “Polluted” (Prati
index > 2.0).

Key water quality parameters strongly influenced the Prati index values. Dissolved
oxygen saturation emerged as a critical factor, with higher DO_sat levels correlating
with better water quality classifications. For example, F5 S1 (DO_sat = 85%, Prati in-
dex = 1.38) displayed favorable conditions, while reduced DO_sat in sites such as F13 S1
(DO_sat = 58.3%, Prati index = 2.90) was associated with poorer water quality. Similarly,
elevated COD levels were a dominant contributor to higher Prati index values, with sites
like F22 S1 (COD = 50 mg O2 L−1) and F24 S1 (COD = 47 mg O2 L−1) demonstrating sub-
stantial organic pollution. Ammonium concentrations (NH4-N) also played a significant
role, with locations like F23 S1 (NH4-N = 0.27 mg L−1) and F22 S1 (NH4-N = 0.31 mg L−1)
corresponding to “Polluted” classifications.

The Prati index effectively captured the spatial variability and drivers of water quality
along the Lieve River. Sites near the F1 direction exhibited better water quality conditions,
likely due to natural purification processes and lower pollutant loads, while sites near
the F24 direction reflected increasing anthropogenic pressures. These findings provide
crucial insights into the spatial distribution of pollution hotspots and emphasize the need
for targeted water quality management strategies in downstream (towards F24) sections of
the river.

3.3. Waterbird Abundance and Distribution Patterns

The spatial distribution and abundance of waterbird species across the 48 monitoring
transects along the Lieve River revealed distinct patterns in species composition and
spatial variability (Figure 4). Three principal waterbird species were observed: Eurasian
coot, common moorhen, and wild duck. Each species exhibited different abundance
levels and spatial patterns, reflecting their habitat preferences and responses to localized
environmental conditions. Strikingly, nearly in each section of 200 m, at least 2 individuals
were found, in 16 sections there were more than 5 individuals recorded, and, on average,
there were about 20 birds recorded per kilometer.

160



Water 2025, 17, 595

Figure 4. Spatial distribution of waterbird individuals (Eurasian coot, wild duck, and common
moorhen) across the 48 monitoring locations along the Lieve River. The bar heights represent the
total number of individuals recorded per species at each location.

The Eurasian coot was the most abundant species, with a total of 105 individuals
recorded across all transects. Peak coot counts were observed at F2 S2 and F9 S2, where 5 in-
dividuals were recorded. These locations may reflect the availability of abundant aquatic
vegetation and calmer water conditions, which provide optimal foraging opportunities
and shelter [59,60]. Interestingly, towards the F24 sections such as F23 S2 and F24 S1,
which exhibited elevated chlorophyll-a concentrations and higher organic matter inputs
in the earlier water quality analysis, they also recorded moderate coot abundances. This
may suggest that nutrient-enriched environments, while often associated with reduced
water quality, can support increased productivity of aquatic vegetation and phytoplankton,
indirectly benefiting coots [60,61].

The common moorhen displayed a variable distribution, with a total of 71 individuals
recorded. Moorhens reached their peak abundances at F9 S2 and F15 S2, where 5 individuals
were observed. These locations may offer shallow water habitats characterized by emergent
vegetation, which are commonly associated with moorhen foraging and nesting preferences,
as suggested by previous studies [59,62]. Regions like F9 S2 exhibited moderate DO levels
and elevated TOC concentrations, conditions that may indicate moorhens’ tolerance to
localized organic matter accumulation. However, conclusions on their adaptability require
further analysis across multiple sites.

The wild duck, the least abundant species, totaled 29 individuals and displayed
a sporadic distribution. The highest number of 5 individuals was recorded at F21 S2, a
towards-F24 section characterized by higher dissolved oxygen concentrations and moderate
nutrient levels. The sporadic distribution of wild ducks, particularly their preference for
regions with higher dissolved oxygen concentrations and moderate nutrient levels, may be
attributed to the availability of submerged vegetation and aquatic invertebrates, critical
food sources for this species [59,63]. However, variations in vegetation structure, predation
pressure, and competition could explain their absence in other nutrient-rich, oxygenated
areas [59,64,65].

The spatial distribution of waterbirds along the Lieve River reflects a combination
of distinct patterns and relatively uniform trends influenced by species-specific habitat
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preferences and behavioral factors. While the dominance of Eurasian coots, localized peaks
of common moorhens, and the sporadic presence of wild ducks indicate varying environ-
mental tolerances and preferences, the overall distribution appears relatively homogeneous
during the nesting season. This homogeneity can be partly attributed to territorial behavior,
which influences how individuals spread across available habitats, and the absence of sites
with extreme water quality conditions, either particularly favorable or unfavorable, which
creates a more consistent environmental baseline. Regions with elevated chlorophyll-a
concentrations and organic matter (TOC and COD) were associated with higher abun-
dances of coots and ducks, demonstrating their affinity for nutrient-rich areas within this
overall pattern.

3.4. Influence of Water Quality on Waterbird Distribution Patterns

The correlation analysis between water quality parameters and waterbird abundance
revealed species-specific responses, providing insight into how water quality influences
waterbird distribution along the Lieve River (Figure 5). Combined with the spatial patterns
of water quality and waterbird abundance (3.3), these results highlight key drivers of
habitat preference and species-specific ecological adaptations.

Figure 5. Relationships between water quality parameters and waterbird abundance along the Lieve
River. The figure combines Pearson correlation coefficients and Mantel test results to highlight asso-
ciations between water quality parameters and waterbird species abundance. Positive correlations
are shown in blue, while negative correlations are in red. The line thickness represents Mantel’s r
values, with thicker lines indicating stronger correlations. Mantel’s r: A measure of the strength
of correlation between two distance matrices, reflecting how closely the spatial variation of water
quality matches bird abundance. Mantel’s p: The statistical significance of the Mantel test, with
lines in orange representing significant relationships (p = 0.01–0.05) and lines in gray indicating
non-significant relationships (p ≥ 0.05). (*) indicate the significance level of Pearson’s correlation
coefficients: p < 0.05 (*), p < 0.01 (**), and p < 0.001 (***).
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The Eurasian coot exhibited a weak but significant positive correlation with TP
(r = 0.20, p = 0.048), indicating a clear association between changes in TP and the pres-
ence of coots. Among waterbirds, the Eurasian coot is known for producing a large TP
mass, as highlighted by Scherer et al. (1995) [66]. This nutrient enrichment promotes
the growth of aquatic vegetation, which in turn provides essential resources for coots,
creating a feedback loop that can exacerbate localized eutrophication. This dynamic aligns
with the findings of Scherer et al. (1995) and Clausen (2025), who emphasized that the
excretion of omnivorous waterbirds like the Eurasian coot significantly alters phosphorus
concentrations in aquatic systems [66,67]. Similarly, the study by Tóth et al. (2023) observed
that, while the presence of waterbirds is not a decisive factor for overall water quality, it
does have a substantial localized impact, particularly in nutrient-enriched habitats [9].

The common moorhen exhibits a weak but significant positive correlation with TOC
(r = 0.10, p = 0.036), suggesting a preference for habitats with slightly elevated organic
matter content. As an omnivorous bird, the common moorhen’s diet includes aquatic plants,
seeds, insects, and small invertebrates, many of which thrive in environments with higher
levels of organic matter [68]. Elevated TOC levels typically indicate the accumulation of
organic material, creating microhabitats rich in detritus and microbial activity, which serve
as a food base for invertebrates [69]. This finding supports the moorhen’s opportunistic
foraging behavior, as it often feeds in shallow waters and along the edges of aquatic habitats
rich in organic matter, aligning with observations from previous studies [68,70–73].

The wild duck exhibits weak but significant positive correlations with TP (r = 0.300,
p = 0.046), suggesting a preference for habitats with slightly elevated concentrations of total
phosphorus. Wild ducks feed on aquatic plants, seeds, insects, and small invertebrates,
many of which thrive in environments rich in nutrients such as phosphorus and miner-
als [74]. Increased TP levels typically reflect nutrient enrichment [75,76]. This contributes
to the growth of submerged vegetation and invertebrates, which are critical food resources
for ducks. Additionally, studies have shown that wild ducks adapt to decreases in TP and
increases in water clarity by altering their mating behaviors, which can influence breeding
density and reproductive success [77,78]. These findings align with previous research,
supporting the notion that wild ducks exhibit adaptive foraging behavior and reproductive
strategies, as they frequently inhabit nutrient-rich aquatic environments that enhance food
availability and facilitate their survival and reproduction [74,77–79].

By combining the observations from Figure 3 (Prati index distribution) in Section 3.2
and Figure 4 (spatial distribution of waterbirds) in Section 3.3, it was found that 71.4% of
Eurasian coots were located in the yellow “polluted” areas. Wild ducks exhibited a similar
trend, with 72.4% of their distribution also in polluted areas. In stark contrast, however, only
19.7% of common moorhens were found in polluted areas, with the majority of common
moorhens choosing the green “acceptable quality” regions, indicating a preference for
higher water quality. This observation aligns with the results of the correlation analysis,
where Eurasian coots and wild ducks both showed correlations with TP, while common
moorhens did not. Instead, common moorhens exhibited a weak relationship with TOC.
Interestingly, the observed pollution is likely a result of water eutrophication, which is
closely associated with phosphate concentrations.

These findings collectively point to the influence of eutrophication and organic matter
enrichment and deposition. Such dynamics may be linked to land use practices in the
monitored region, which include agricultural areas, animal feed factories, and densely
populated residential zones along the Lieve River. The discharge of industrial and domestic
wastewater, as well as agricultural activities, significantly contributes to water eutrophica-
tion and organic matter accumulation. Addressing these challenges requires targeted efforts
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to control wastewater discharge and manage the use of chemical fertilizers and organic
manures in agriculture to mitigate their effects on water quality and aquatic ecosystems.

3.5. Water Quality Deviations from Environmental Standards and Ecological Implications

As shown in Figure 6, nutrient enrichment emerges as a significant driver of eutrophi-
cation in the Lieve River. TP levels peaked at 0.46 mg L−1 (median: 0.18 mg L−1), frequently
exceeding the environmental threshold of 0.14 mg L−1. Similarly, TN concentrations ranged
from 2.7 to 5.6 mg L−1 (median: 4.0 mg L−1), with many locations meeting or surpassing
the upper limit of 4.0 mg L−1. These elevated nutrient levels correspond to chlorophyll-a
concentrations (median: 70 ppb) far exceeding the upper threshold of 15 ppb. This nutrient
accumulation promotes algal blooms and eutrophic conditions, providing fertile habitats
for species such as the Eurasian coot. As previously noted, Eurasian coots are recognized
for their role in increasing TP levels through excretion, reinforcing nutrient enrichment and
contributing to feedback loops that exacerbate localized eutrophication [9,66].

Figure 6. Comparison of water quality parameters in the Lieve River against environmental thresh-
olds defined by WHO (2011), WFD (2000/60/EC), US EPA, and VLAREM, as outlined in Supplemen-
tary Materials Table S6.

Organic matter parameters, such as TOC and COD, also exhibit deviations from envi-
ronmental standards. The median TOC value (11 mg C L−1) exceeded the upper threshold
of 10 mg C L−1, while COD levels (median: 33 mg O2 L−1) consistently surpassed the
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limit of 30 mg O2 L−1. These results suggest significant organic matter accumulation,
likely driven by agricultural runoff, wastewater discharges, and urban activities. Such
conditions provide favorable environments for waterbirds, as the accumulation of organic
material creates detritus-rich microhabitats that support microbial activity and inverte-
brate populations, which are critical resources for the opportunistic foraging behavior of
waterbirds [74,75].

Overall, Figure 6 highlights severe deviations in TP, TN, chlorophyll-a, TOC, and
COD from environmental standards, underscoring the combined impacts of nutrient
enrichment and organic matter accumulation. These findings emphasize that agricultural
runoff, untreated or insufficiently treated wastewater, and urban activities are the primary
drivers of these deviations. Addressing these challenges requires targeted management
strategies, including nutrient load reductions, improved wastewater treatment, and the
implementation of riparian buffer zones, to restore water quality and support the ecological
health of the Lieve River. These strategies are critical for balancing anthropogenic pressures
with biodiversity conservation, ecosystem functionality, and sustainable development [80].
Future research should prioritize innovative monitoring technologies, such as drones and
AI-assisted waterbird surveys, to strengthen conservation efforts and ensure long-term
biodiversity sustainability [81].

4. Conclusions

This study provides an assessment of water quality and waterbird distribution along
the Lieve River, highlighting the impacts of nutrient enrichment, organic matter accu-
mulation, and anthropogenic activities on the river’s ecological health and its role as a
multifunctional resource. The main findings are as follows:

Nutrient enrichment: The Lieve River exhibits significant nutrient enrichment, with
elevated levels of TN, TP, and chlorophyll-a serving as key drivers of eutrophication.

Organic matter accumulation and habitat dynamics: TOC and COD levels frequently
exceed environmental thresholds, particularly in areas influenced by agricultural runoff,
urban wastewater discharge, and other human activities.

The Prati index analysis revealed that 58.3% of the Lieve River sampling points were
classified as “Polluted”, with higher COD and NH4-N levels and reduced DO_sat observed
near the F24 direction. These results suggest that impacts from urban runoff, agricultural
discharge, and point-source pollution influence water quality, emphasizing the need for
targeted management in these areas.

The Eurasian coot was the most abundant species and showed a positive correlation
with TP. The common moorhen correlated with TOC, while wild ducks showed weak cor-
relations with TP. Total waterbird abundance was associated with chlorophyll-a, indicating
nutrient dynamics as a key driver.

Management and monitoring recommendations: As one of Europe’s earliest artificial
canals, the historical and cultural significance of the Lieve River enhances its value as an
ecological and recreational resource. Protecting this dual role requires sustainable manage-
ment practices that address both conservation and human utilization. Key actions include
reducing nutrient loads through improved wastewater treatment, promoting sustainable
agricultural practices, and implementing riparian buffer zones to minimize runoff. Further-
more, a similar approach as presented in this study is valuable for investigating similar
river systems in the world.

Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/w17040595/s1, Supplementary Materials provide a comprehensive
overview of the water quality assessment conducted along the Lieve River, including detailed
datasets, analysis methods, and a schematic representation of the monitoring design. The contents
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are as follows. Table S1: In situ parameters (Chlorophyll-a, DO, pH, EC) from the monitoring results
of 48 transects along the Lieve River in March 2024. Table S2: Nutrient concentrations (NH4-N,
NO3-N, NO2-N, TN, PO4-P, and TP) measured across 48 transects in March 2024. Table S3: Organic
matter parameters, including TIC, TOC, and COD, derived from the same transects in March 2024.
Table S4: Results of the Prati water quality index (Prati WQI) analysis, summarizing dissolved oxygen
saturation (DO_sat), COD, NH4-N levels, and corresponding water quality classifications for each
transect in March 2024. Table S5: Summary of physicochemical water quality variables, measurement
techniques, and associated standards. Table S6: Water quality standard thresholds for freshwater
ecosystems. The Prati Index Methodology: A detailed explanation of the Prati index calculation,
including its classification system and the transformation formulas used for key parameters (DO_sat,
COD, NH4-N). This section provides the basis for assessing pollution levels along the river. Figure S1:
A schematic representation of the Lieve River monitoring design, illustrating the division of the river
into 24 monitoring regions (F1–F24) and 48 transects (F1S1–F24S2) at 200 m intervals.
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Abstract: This study presented a comprehensive analysis of the microbial ecology in water
diversion rivers (WDRs) in the source area of the East Route of the South-to-North Water
Diversion Project (ER-SNWDP) in China across various water periods. Proteobacteria,
Chloroflexi, Acidobacteriota, and Bacteroidota were identified as the dominant microbial phyla
in river sediment. During the wet period, microbial communities exhibited the highest
richness, biodiversity, and the most intense antagonistic relationships compared to those
in the dry and normal water periods. Generally, the microbial network predominantly
existed in symbiotic models characterized by mutual benefit and symbiosis throughout
all periods. During the dry period, the microbial co-occurrence network was found to
be the most complex, with microbial OTUs showing the closest interconnections. The
dominant mechanisms governing community diversity, succession, and biogeography
were spatial turnover of species and stochastic processes. A more pronounced impact of
stochastic processes on microbial community assemblages was observed during normal or
wet periods than the dry period. Functional prediction of metabolic pathways indicated
that the main ecological functions of microbial communities encompassed carbohydrate
metabolism, amino acid metabolism, energy metabolism, etc. This study could provide
essential scientific data for ecological regulation, ecological protection, and water resources
management in WDRs.

Keywords: biodiversity; microbial network; Proteobacteria; stochastic processes;
metabolic pathways

1. Introduction

Adequate and high-quality water resources are essential for the health and sustain-
able development of human societies and ecosystems [1]. However, factors such as rapid
population growth, climate change, water contamination, urbanization, and industrial
development are exacerbating water shortages [2]. To meet the growing demands of do-
mestic, agricultural, and industrial water use, both developed and developing countries
have implemented numerous water diversion projects (WDPs) [3]. WDPs refer to engi-
neering works that involve the construction or modification of hydraulic facilities to divert
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water from one source to another area or region. Currently, there are over 160 large-scale,
long-distance WDPs worldwide [4]. These WDPs have played a crucial role in alleviating
the uneven distribution of water resources [5]. The North-to-South WDP in California in
the United States has promoted the economic development of California; Egypt’s West-East
WDP has provided valuable water resources to the Sinai Peninsula; the South-to-North
WDP in China has promoted the coordinated development of the local economy, society,
population, resources, and environment [3]. Water diversion rivers (WDRs) refer to rivers
that are subject to water resource allocation and management through WDPs. These rivers,
serving as the primary arteries for water transportation, often undergo frequent environ-
mental changes due to the operation of WDPs. There is increasing concern about their
impact on water ecology in WDRs with the construction of WDPs. Therefore, it is essential
to understand the effects of water diversion on the ecosystems of water diversion rivers for
the long-term implementation of WDPs.

Microorganisms play a vital role in WDR ecosystems by contributing to various func-
tions and exhibiting diverse characteristics [6]. River sediments, which serve as a major
source of pollutants in water bodies and as sites for microbial aggregation, are essential
components of water ecosystems [7]. Microorganisms in sediments make important con-
tributions to river ecosystems, particularly in biogeochemical cycles, nutrient cycles, and
energy flows [8]. Furthermore, sediment environments harbor a rich diversity of micro-
bial species, intense metabolic activity, and show high responsiveness to environmental
changes [9]. The operation of WDPs can result in complex ecological and hydrological
changes in WDRs [10]. The consequent changes in environmental parameters such as pH,
temperature (T), dissolved oxygen (DO), and nutrient concentration could have a profound
effect on the microbial communities in the river ecosystem [11]. Luo et al. (2019) pointed out
that there was spatial variability in the planktonic bacterial community in the main channel
of the South-to-North WDP, driven by DO, pH, and T [12]. Liu et al. (2023) found that pH,
Total Phosphorus (TP), and Nitrate Nitrogen (NO3-N) were the main factors influencing the
bacterial community in river sediments of the Li River Basin [13]. Environmental changes
have the potential to increase microbial community heterogeneity in sediments, facilitate
the dispersal of pathogenic bacteria, and disrupt the original interspecific relationships
within microbial communities [14]. Therefore, understanding the ecological characteristics
of microbial communities in river sediments of WDRs under changing environments is
essential for effective water ecological management in these regions.

However, most studies on the effects of WDPs on water ecology have focused on water
quality, fish, and plants; until recent years, more attention has been paid to the effects on
microorganisms [6]. Qu et al. (2018) investigated the dominant microbes in the water body of
Miyun Reservoir in China and observed an increase in the relative abundance of Proteobacteria
and Verrucomicrobiota under the influence of the South-to-North WDP, leading to intensified
interspecies competition for ecological niches [15]. Yao et al. (2019) found differences in
bioavailability and microbial diversity in the area affected by the South-to-North WDP in
Hongze Lake compared with other sites [16]. Liu et al. (2022) determined that the spatial
heterogeneity of bacterial communities in Dongping Lake decreased during the south-to-north
water diversion period, potentially increasing the risk of biological homogenization between
rivers [17]. However, research on microbial communities in watersheds affected by WDPs has
mainly focused on receiving lakes in the area and regulating lakes along the route, with limited
attention given to microbial communities in WDRs. Lv et al. (2021) found that under the
influence of the Yellow River diversion in Shanxi Province in China, the dominant position of
the core bacterial community in the sediment of the Fen River decreased, and the abundance
of Comamonadaceae and Hydrogenophaga decreased [14]. WDRs in the water source area play
a critical role in water quality regulation during water transportation, directly impacting
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the safety of drinking water for millions of people along the diversion route. The ecological
and physicochemical status of WDRs change in the normal, dry, and wet periods affected by
WDPs. Therefore, it is necessary to study the microbial communities in WDRs in the source
area of WDPs under different water conditions. However, research on microbial communities
in WDRs in the water source area of WDPs is still lacking.

This study investigated the microbial communities in river sediments within the source
area of the East Route of the South-to-North Water Diversion Project (ER-SNWDP) in China.
The objectives of this study were (1) to analyze the composition, distribution, and diversity
patterns of microbial communities in WDRs in the source area of ER-SNWDP under the
normal, dry, and wet periods with varying hydrologic conditions; (2) to investigate the
complexity and interactions of microbial networks across different water periods; (3) to figure
out the metabolic potential and ecological functions of microbial communities in the WDR
ecosystem; (4) to reveal the dominant mechanisms governing community diversity, succession,
and biogeography in WDRs. This research could provide essential scientific data for ecological
regulation, environmental protection, and water resources management in WDRs.

2. Materials and Methods

2.1. Study Area

The study area located in the water source area of ER-SNWDP is shown in Figure 1. It
is also a transition zone between a subtropical humid monsoon climate and a temperate
monsoon climate, characterized by four distinct periods, ample sunlight, and abundant
rainfall. Since 2013, ER-SNWDP has officially transferred water from the Yangtze River
along hundreds of water diversion rivers to the water deficit zone in northern China.
Rivers in this area are subject to significant hydrological fluctuations due to the impacts
of frequent water diversion activities and watershed precipitation changes. They are
undertaking complex tasks. In addition to serving as water diversion rivers for ER-SNWDP,
rivers in this area also serve as the water conveyance rivers from the Huai River to the
Yangtze River in normal water periods and as the flood discharge channels in flood periods.
Therefore, the hydrological conditions of these rivers vary in complexity throughout the
year, with frequent changes in water volume, flow rate, even flow directions, etc.

 
Figure 1. Map of the study area and sampling sites.
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2.2. Sample Collection

According to the field investigation and survey, river sediment samples were taken
from 15 sampling sites in three water diversion river channels in the source area of ER-
SNWDP in China. Detailed location data are shown in Table S1 (Supporting Information).
In the field of hydrology, the division of wet season, normal season, and dry season is
determined based on the changes in water levels of rivers, lakes, and other water bodies.
Generally speaking, the wet season refers to the period when the water level is high and
the water volume is large, usually during the rainy season or the melting season of ice and
snow (June to August). The normal water period refers to a time when the water level
is moderate and the water volume is moderate, usually during seasons with relatively
even rainfall (March to May; September to November). The dry season refers to the period
when the water level is low and the water volume is small, usually during the dry or
low rainfall season (December to March of the following year). The specific classification
criteria may vary depending on factors such as region, climate, and hydrology. Therefore,
sampling activities were conducted in three distinct water periods: January 2021 (the
dry period), April 2022 (the normal period), and August 2022 (the wet period). Samples
collected during these periods were marked as A1–A15, B1–B15, and C1–C15, respectively.
Grab-type mud collectors were employed to collect river sediment samples, with each
sample point being sampled in triplicate. The collected sediments in the same site were
extracted from a depth of 0–20 cm, packed, and mixed in pre-sterilized plastic sealed bags.
All sampling equipment used was pre-sterilized to prevent any external contamination.
Furthermore, the samples were processed under controlled, contamination-free conditions.
Samples were then kept in ice, transported to the laboratory immediately, and stored at
−20 ◦C. Subsequently, the sediment samples were processed in the laboratory for total
DNA extraction and subsequent analysis.

2.3. DNA Extraction, PCR Amplification, and Illumina MiSeq Sequencing

To reduce sampling errors, each sediment sample was thoroughly homogenized before
subsampling and weighing. Biomass was extracted using a vacuum filtration method,
followed by genomic DNA extraction with the FastDNA® Spin Kit (MP Biomedicals, Santa
Ana, CA, USA) for Soil according to the manufacturer’s instructions, with three replicates
per sample. Microbial community composition was analyzed using Illumina MiSeq Se-
quencing (San Diego, CA, USA) with 16S rRNA. PCR amplification was performed using
the bacterial 16S rRNA gene universal primers 341F (5′-CCTACGGGNGGCGWGCAG-3′)
and 806R (5′-GGACTACNVGGGTWTCTAAT-3′). The amplification region of the 16S rRNA
gene was the V3-V4 hypervariable region. Polymerase chain reaction (PCR) amplifications
were carried out in triplicate for each sediment sample using a 20 μL volume. The reaction
mixture included 4 μL of 5×FastPfu buffer, 2 μL of 2.5 mM dNTPs, 0.4 μL of each primer
(5 μM), 0.8 μL of DNA template, and 0.4 μL of FastPfu polymerase. The amplification
protocol was initiated at 94 ◦C for 5 min, followed by a series of cycles at 94 ◦C for 30 s
(denaturation), 53 ◦C for 30 s (annealing), and 72 ◦C for 30 s (extension), culminating in
a final extension at 72 ◦C for 8 min over 30 cycles. The purification of PCR amplicons
was performed using AMPure beads to remove unused primers, which were then used to
construct sequencing libraries quantitated using the Qubit 2.0 Fluorometer from Thermo
Scientific (Waltham, MA, USA). The amplified products were placed on ice and immedi-
ately sent to Shanghai Biozeron Biotechnology Co., Ltd. (Shanghai, China) for sequencing.
The bioinformatics analysis followed the previously described procedure [18]. DNA se-
quencing data are available at NCBI GenBank database under accession PRJNA1057511,
PRJNA1057626, and PRJNA1058100.
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2.4. Statistical Analysis

Alpha diversity, which encompasses richness and evenness, was evaluated using
several indicators, including ACE, Chao1, Simpson, Shannon, and Pielou evenness indices.
All data analysis was conducted using R software (version 4.5.0, http://www.r-project.org)
accessed on September 2022. Differences in the structure and composition of microbial com-
munities among samples were visualized through principal coordinate analysis (PCoA) and
non-metric multidimensional scaling (NMDS) based on the distance matrix of normalized
operational taxonomic units (OTUs). Periodical variation in microbial community compo-
sition was compared using histograms. For functional prediction analysis, the PICRUSt
software was employed to predict sediment bacterial functions, which were subsequently
compared with the Kyoto Encyclopedia of Genes and Genomes (KEGG) database to obtain
functional prediction information. Detailed analysis steps were based on an online analysis
platform (http://picrust.github.io/picrust/) accessed on September 2022.

3. Results

3.1. Species Richness, Evenness, and Diversity

A total of 1,997,209 sequence reads were obtained from 45 samples through 16S
rRNA gene sequencing. Samples collected in the wet period showed the largest OTU
numbers, with 73,794, followed by 68,033 OTUs in the normal period and 64,877 OTUs
in the dry period, respectively (Table S2). These bacterial OTUs captured in the current
sequencing depth were deemed representative of the microbial communities in all samples.
The microbial alpha diversity showed different characteristics in different water periods.
During the dry period, the Chao1, ACE, Shannon, and Simpson indices ranged from
2868.864 to 7625.035, 3012.299 to 7965.199, 6.395 to 7.894, and 0.9918 to 0.9992, respectively.
During the normal period, the Chao1 index ranged from 6215.653 to 8371.831, the ACE
index ranged from 6495.969 to 8616.480, the Shannon index ranged from 7.069 to 7.688,
and the Simpson index ranged from 0.9970 to 0.9986. When at the wet period, Chao1,
ACE, Shannon, and Simpson indices were from 6395.259 to 9644.657, 6698.417 to 9974.901,
6.978 to 7.849, and 0.9929 to 0.9989, respectively. These alpha diversity indexes exhibited
the largest fluctuations in the dry period. The average values of Chao1 (8097.221) and
ACE indexes (8445.687) were the highest in the wet period, indicating the richest ecological
community in the wet period. The wet period also exhibited the highest average values
for the Shannon index (7.585), Simpson index (0.998), and Pielou evenness index (0.893),
suggesting the highest species biodiversity and evenness during this period.

3.2. Microbial Community Composition

Among the 45 samples, a total of 74 phyla and 1717 genera were identified and
classified. The composition and distribution of the microbial communities at the phylum
and genus level were characterized in Figure 2. Taxa with an average relative abundance of
less than 2% were classified into the Remaining Group. Generally, Proteobacteria, Chloroflexi,
Acidobacteriota, Bacteroidota, and Nitrospirota were the most dominant phylum, accounting
for 29.95%, 10.05%, 8.29%, 7.67%, and 7.09% of the total sequences, respectively. In the dry
period, the dominant phyla were Proteobacteria (28.12%), Chloroflexi (11.75%), Bacteroidota
(8.92%), Acidobacteriota (8.81%), and Desulfobacteriota (6.22%). In the normal period, the
dominant phyla were Proteobacteria (38.5%), Desulfobacteriota (7.15%), Nitrospirota (7.07%),
Acidobacteriota (6.94%), and Bacteroidota (6.21%). In the wet period, the dominant phyla were
Proteobacteria (23.24%), Chloroflexi (14.64%), Acidobacteriota (9.12%), Nitrospirota (8.63%), and
Bacteroidota (7.88%). Proteobacteria was the dominant phylum throughout the three periods,
with its relative abundance the highest in the normal period. Chloroflexi was obviously
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lower in the normal period than in the other periods. From the dry period to the wet period,
the abundance of Cyanobacteria decreased, whereas that of Nitrospirota increased.

At the genus level, Thermodesulfovibrionia, Anaerolineaceae, Steroidobacteraceae, Sva0485,
and MBNT15 were the most abundant genera, accounting for 4.72%, 2.64%, 2.26%, 2.23%,
and 2.07% of the total sequences, respectively (Figure 3). During the dry period, the domi-
nant genera were Thermodesulfovibrionia (3.53%), Anaerolineaceae (3.32%), and Chloroplast
(2.30%). In the normal period, the most abundant bacterial genera were Thermodesul-
fovibrionia (4.33%), Steroidobacteraceae (2.86%), and Sva0485 (2.38%). In the wet period,
Thermodesulfovibrionia also retained its status as the most abundant genus (6.29%), followed
by Anaerolineaceae (4.02%) and Sva0485 (2.87%). As the most dominant group in all periods,
Thermodesulfovibrionia exhibited the highest relative abundance during the wet period and
the lowest during the dry period. Anaerolineaceae was the second abundant genus both in
the dry and wet periods but showed a much lower abundance (0.6%) in the normal period.
Conversely, the relative abundance of Steroidobacteraceae was the highest in the normal
period compared to that in the dry and wet periods.

Figure 2. Microbial community composition at phylum level (A1–A15 represent samples collected
in the dry period, B1–B15 represent samples collected in the normal period, and C1–C15 represent
samples collected in the wet period).

3.3. PCoA Analysis and NMDS Analysis

The PCoA analysis was performed to analyze the distribution pattern of microbial
communities across all sampling sites (Figure 4a). The first component (PCoA1) and
the second component (PCoA2) accounted for 21% and 11% of the observed changes,
respectively. The PCoA analysis revealed that the composition of microbial communities
showed spatiotemporal variation among samples. Generally, the samples in the dry and wet
periods were not well separated. However, those collected during the normal period were
found to be distantly separated from those in the dry and wet periods, indicating relatively
obvious differences between the microbial community structure in the normal period
and other periods. Among different periods, samples in the dry period showed the most
separation characteristics, while those in the normal and wet periods both exhibited a higher
degree of similarity. These findings were further supported by NMDS analysis, which
confirmed the distinctive distribution pattern of microbial communities across different
sampling points (Figure 4b). These results provide evidence of discernible differences in
the composition of microbial communities across different periods.
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Figure 3. Microbial community composition at genus level (A1–A15 represent samples collected
in the dry period, B1–B15 represent samples collected in the normal period, and C1–C15 represent
samples collected in the wet period).

 

Figure 4. (a) PCoA and (b) NMDS analysis of the microbial communities (red squares represent
samples collected in the dry period, blue circles represent samples collected in the normal period,
and green triangles represent samples collected in the wet period).

3.4. β-Diversity Measurement

The divergence of causal mechanisms underlying biodiversity can be attributed to
a series of environmental evolution, which is expected to give rise to two key phenom-
ena in the beta diversity of microbial communities including nestedness and the spatial
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turnover of species assemblages [19]. The Simpson dissimilarity index (βSIM), Sørensen
dissimilarity index (βSOR), and the nestedness-resultant dissimilarity index (βNES) were
used to differentiate the effects of species spatial turnover and nestedness components
on the biotic similarity of microbial communities among multiple-site biotas. The phase
dissimilarity indices across various sample groups are shown in Table S3 and Figure S1,
according to Baselga’s community assembly methodology [19]. βSOR is dependent on the
proportion of species shared among different communities, and βSIM and βNES were used
to characterize species turnover and nestedness among the biotas of multiple sites. Overall,
βSOR was the highest, with an average value of 0.8282 among all samples, followed by
βSIM (0.8018) and βNES (0.0202). Among the three water periods, the dry period showed
the highest βSOR value (0.8517), followed by the wet period (0.8210) and the normal period
(0.8119). βSIM values were much higher than βNES values in all three periods, indicating
the species spatial turnover in multiple-site biotas contributed much more to shaping the
bacterial communities in different water periods.

3.5. Co-Occurrence Networks of Microbial Community

Network analysis has been adopted for elucidating microbial interactions in the WDRs
in the source area of the ER-SNWDP under different water periods. Statistics for the topo-
logical parameters of each network are displayed in Table 1. In the dry period, Proteobacteria,
Acidobacteria, and Chloroflexi were the dominant keystone species in the network diagram
(Figure 5a). The positive correlation between species is 95.62%, which is much higher than the
negative correlation (4.38%). The highest degree node is Desulfobacteriota, which has a high
connection and is positively correlated with other phyla. The proportion of connections among
different members of Proteobacteria was 16.1%, while that among Chloroflexi members was
6.79%. The connection between Proteobacteria and Chloroflexi was the closest among different
phyla, with a connection proportion of 3.66%. In the normal period, the network consisted of
the lowest abundance of nodes and edges, indicating the lowest degree of interconnectedness
between OTUs in the normal period (Figure 5b). The main network nodes are Proteobacteria,
Bacteroidota, Nitrospirota, etc. The positive correlation between species was 80.80%, which
was higher than the negative correlation (19.20%). The highest degree node is Proteobacteria.
The proportion of connections among Proteobacteria members and Nitrospirota members was
25.71% and 3.41%, respectively. The closest connection was found between Proteobacteria
and Bacteroidota, with a connection proportion of 5.57%. In the wet period, Proteobacteria
was also the most dominant keystone species as the network nodes, followed by Chloroflexi
and Acidobacteria (Figure 5c). The positive correlation between species is 77.11%, also higher
than the negative correlation (22.89%). Chloroflexi was the highest degree node and is mainly
positively correlated with other phyla. The proportion of connections between members of
Proteobacteria was 9.45%, the lowest among the three periods. Proteobacteria and Chloroflexi
showed a relatively strong connection with a connection proportion of 4.51%.

Table 1. Topological properties of microbial networks in different water periods.

Network Features Dry Period Normal Period Wet Period

Total nodes 485 343 650

Todal edges 845 323 1197

Positive correlations 808 (95.62%) 261 (80.80%) 923 (77.11%)

Negative correlations 37 (4.38%) 62 (19.20%) 274 (274)

Average clustering coefficient (avgCC) 0.298 0.284 0.303

Average degree (avgK) 3.48 1.883 3.683

Average path distance (GD) 6.691 7.927 5.547

Density 0.007 0.006 0.006
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Figure 5. Co-occurrence network analysis of microbial communities in different water periods. The
co-occurrence network of microbial communities in the dry period (a), normal period (b), and wet
period (c).

3.6. Fit to the Neutral Model of Community Assembly

The neutral community model (NCM) was used to evaluate the effects of stochastic
processes on shaping microbial community assembly in the WDRs in the source area of
the ER-SNWDP under different water periods (Figure 6). In this study, the values of
NCM parameter R2 for communities in all periods, i.e., the dry period, normal period,
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and wet period, were 0.7973, 0.7048, 0.7686, and 0.7596, respectively, suggesting that
the trait community model fitted for the microbial communities. The Nm-value and the
dispersibility of microbial communities were the lowest in the dry period (Nm = 8946,
m = 0.4601) and the highest in the normal period (Nm = 17,458, m = 0.8979).

 
Figure 6. Fit of the neutral community model (NCM) of microbial community assembly. The
predicted frequencies of occurrence for all periods, dry period, normal period, and wet period groups
representing microbial communities from all periods (a), dry period (b), normal period (c), and wet
period (d), respectively. Nm indicates the estimates of the metacommunity size times immigration
rate, N demonstrates the metacommunity size, m is the immigration rate, and the coefficient of
determination (R2) is the goodness of fit of the neutral model.

3.7. Functional Analysis from PICRUSt

To determine the function of sediment microbial communities in the source area of
the ER-SNWDP, PICRUSt was employed for analysis in this study. The results based
on the KEGG database indicated that the metabolic pathways were mainly divided into
six categories, including metabolism (68.32%), genetic information processing (15.90%),
environmental information processing (9.15%), cellular processes (4.04%), organizational
systems (1.16%), and human diseases (1.43%). The relative abundance of major metabolic
pathways was depicted through a heat map (Figure 7). Among the 41 pathways detected,
carbohydrate metabolism, amino acid metabolism, energy metabolism, cofactor and vi-
tamin metabolism, and translation were the most predominant groups. These pathways
were present in all samples, with an average abundance exceeding 1%.
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Figure 7. Relative abundance heatmap of predicted metagenomes using KEGG genes (A1–A15
represent samples collected in the dry period, B1–B15 represent samples collected in the normal
period and C1–C15 represent samples collected in the wet period).

4. Discussion

Plentiful rainfall, floods in summer, water scarcity, and droughts in winter were the
typical characteristics of the basic water regime in China, which led to the uneven spatial
and temporal distribution of water resources. To mitigate water shortages, numerous WDPs
including ER-SNWDP, have been implemented nationwide. The operation of these WDPs in-
evitably impacts the ecosystems of their source areas in various ways. Microbial communities
play a crucial role in maintaining ecological balance within river ecosystems [11]. Therefore,
this study showed a comprehensive investigation of the distribution and assembly patterns of
microbial communities in the WDRs in the source area of ER-SNWDP.

The microbial communities in the sediment in the WDRs of the source area of ER-
SNWDP are mainly composed of Proteobacteria, Chloroflexi, Acidobacteriota, Bacteroidota,
Nitrospirota, and Desulfobacterota at the phylum level. These phyla are common in in-
land rivers and are usually the dominant bacterial species in natural river sediments [2].
Proteobacteria was the most prevalent phylum detected, showing the highest relative abun-
dance in the normal period. This phylum is functionally diverse and widely involved in
biogeochemical processes such as carbon, nitrogen, and sulfur cycling in sediments [20].
Its functional versatility enables Proteobacteria to adapt to different hydrological conditions,
allowing it to maintain high abundance in various environments. The relatively stable
hydrological conditions in the normal period may have provided a more favorable environ-
ment for Proteobacteria, allowing it to dominate the community structure. Chloroflexi was
the second dominant phylum, with higher levels in the dry and wet periods than in the
normal period. Chloroflexi is a photoautotrophic bacterium mainly involved in biological
denitrification, organic pollutant degradation and transformation, and sediment nitrogen
and sulfur cycling [21]. Their preference for nutrient-rich environments might suggest
higher nutrient levels in the sediments in the dry and wet periods [22]. Desulfobacterota
was abundant during the normal period but showed a relatively lower proportion in the
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other two periods. Members of Desulfobacterota can metabolize sulfides into sulfates, in-
dicating higher sulfide concentrations during the normal period, which likely created a
favorable environment for their growth. The stable hydrological conditions in this period
may have facilitated sulfide accumulation in the sediments, supporting Desulfobacterota
proliferation. This also suggests a more active sulfur biogeochemical cycle during the
normal period. [23]. Thermodesulfovibrionia, Anaerolineaceae, and Steroidobacteraceae were the
most abundant genera detected in the study at the genus level. Thermodesulfovibrionia, a
genus within Proteobacteria, is active in the sulfur cycle and is known for its dissimilatory
sulfate reduction capabilities. The abundant Thermodesulfovibrionia in the WDRs in the
source area of the WDPs might also be related to the sulfide concentrations in this area.
The stable presence of Thermodesulfovibrionia across all sampling periods indicates that
sulfate reduction remains a continuous and essential process regardless of hydrological
fluctuations. Thermodesulfovibrionia showed the highest relative abundance during the wet
period and the lowest during the dry period, suggesting its strong adaptability to fluctuat-
ing hydrological conditions. During the wet period, enhanced water flow may promote
the resuspension of sulfide-rich sediments, increasing sulfide availability and supporting
Thermodesulfovibrionia proliferation. Anaerolineaceae, part of the Chloroflexi phylum, is a
facultative anaerobic bacterium that degrades various organic compounds such as amino
acids and lipids found in domestic wastewater and agricultural pollution [24]. Its presence
in the sediment might indicate a high nutrient level in the region, which boosts bacterial
cycling and oxygen consumption, aiding their proliferation and survival. Steroidrobacteraceae
is usually the dominant genus of bacteria in activated sludge with a certain degree of
denitrification ability [25]. Its abundance might further suggest a potential presence of
specific pollutants in the study area.

The dynamic water conditions induced by water diversion across different periods
may play a crucial role in shaping microbial ecology by altering hydraulic dynamics
and water quality parameters in WDRs. Fluctuations in water volumes and flow rates
brought by the operation of WDPs also contribute to alterations in the water body’s
physical and chemical properties, such as DO, nutrient concentrations, organic matter
content, and temperature [13]. Shifts in the hydraulic and physicochemical conditions in
different water periods could be pivotal in controlling the microbial communities in river
ecosystems [26]. Microbial diversity is considered a key indicator of ecosystem stability in
rivers [27]. Results showed that the diversity of microbial communities was the highest
during the wet period of all sampling sites. Zhang et al. (2019) also found a higher
microbial diversity in rivers flowing into Chaohu Lake during the wet period compared
to that in the dry period [28]. Hydrological factors, such as temperature variability and
water level fluctuations, are known to influence microbial diversity [11]. During the
wet period, the rainfall and high river flow could probably cause disturbance of the
river water and surface sediment, promoting the fusion of bacteria in the water and
sediment [14]. The PCoA analysis also exhibited a temporal variation of the microbial
communities in WDRs in different water periods. Samples collected during the normal
period displayed a pronounced clustering, while those from the dry and wet periods
exhibited varying degrees of intersection. This observation was further substantiated by
the NMDS analysis. Furthermore, different microbial communities showed differential
distribution characteristics in different water periods. Chloroflexi, Firmicutes, Cyanobacteria,
Anaerolineaceae, and Chloroplast are more susceptible to changes in water conditions in
different water periods. The relative abundance of Chloroflexi was much higher during
the dry (11.75%) and wet periods (14.64%), contrasting sharply with a mere 3.75% in the
normal period. Cyanobacteria seemed to be more adaptable to the environment of the dry
period, showing the highest abundance in this period but the lowest in the wet period. It is
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suggested that a mild hydraulic condition with low water flow and velocity may favor the
proliferation of Cyanobacteria. This could be due to enhanced hydrodynamics, sediment
dilution, and changes in light conditions in the wet period, which may inhibit the growth
of Cyanobacteria. In contrast, Cyanobacteria is highly adaptable to low nutrient conditions,
and its relatively high abundance during the dry period reflects the positive effect of
nutrient accumulation in the water during this time. It is also confirmed by the study in
the Amazon River, which indicated that one of the main reasons for the decrease in blue-
green algae abundance is the increased flow in the river [29,30]. The abundance variation
patterns of Chloroplasts are similar to Cyanobacteria, with a higher relative abundance during
the dry period (2.3%) compared to less than 1% in the normal and wet periods. This
disparity may be attributed to the reduced water volume and ample sunlight in the dry
period, which promotes aquatic plant growth and may favor Chloroplast distribution [31].
Conversely, Anaerolineaceae showed a pronounced presence in the wet period (4%) but
was substantially lower (0.6%) during the normal period. This genus has demonstrated
adaptability to sediment environments post-water diversion, thriving in both anaerobic
and aerobic conditions, and could respond to environmental alterations brought about by
water diversion [32]. Despite changes in microbial ecology in WDRs under different water
periods with different water conditions observed in this study, the mechanisms of changing
water conditions on the microbial communities remain unclear. More extensive studies
on the impact mechanism of hydraulic factors (such as flow rate, flow direction, and flow
volume.) coupling physicochemical factors on microbial communities in WDRs are needed
for further investigation.

The complexity and correlation of microbial networks in different water periods were
exhibited by the co-occurrence network analysis. Proteobacteria, Acidobacteria, Chloroflexi,
Bacteroidota, and Nitrospirota were identified as the most dominant keystone species in the
network diagram. The co-occurrence network patterns of microbial communities varied
among different water periods. The microbial co-occurrence network in the dry period
is the most complex, as indicated by the network density of microbes. During the dry
period, the microbial network displayed clear modularity, with microbial OTUs showing
the strongest interconnections. Most of the correlations were positive correlations, and
it was greater than the negative correlation in all periods, indicating that the network
probably mainly existed in symbiotic models characterized by mutual benefit and symbio-
sis. Species that tend to have symbiotic relationships in the community would gradually
occupy the dominant position, causing changes in the structure of microbial communi-
ties [33]. This relationship could also contribute to the maintenance of the stability and
functional diversity of ecosystems. The highest ratio of negative correlations in the wet
period suggested the most intense antagonistic relationships, such as competition, existed
compared to other periods.

The ecological processes governing microbial community assembly in WDRs in the
source area of ER-SNWDP were determined by assessing the contributions of spatial
turnover or nestedness to the β-diversity patterns and the evaluation of stochastic pro-
cesses by NCM. The causes of the disparities in the processes promoting biodiversity
may be explained by the changes in the redox state, nutritional composition, and electron
acceptors, which could lead to nestedness and the spatial turnover of species assemblages
of microbial communities. Nestedness leads to variances in species richness between
communities, stemming from a nonrandom process of species loss, while spatial turnover
involves the replacement of species across different communities [15]. In this study, both
processes contributed to the formation of the microbial community assembly, especially
the spatial turnover of species, which refers to the replacement of species and is caused by
historical and geographical constraints as well as environmental factors. Results showed
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that the microbial community assemblies and different water periods in the source area
of ER-SNWDP were all mainly shaped by the spatial turnover of species, suggesting that
microbial communities benefited more from species replacement across regions. Microbial
community assemblages in this typical area in different water periods were well described
by a neutral-based model, indicating that stochastic processes explained a large fraction
of the variation in shaping microbial community assembly. Varied Nm-value and the
dispersibility in different water periods indicated a potential effect of water diversion on
the dispersion of microbial communities. The better fit of the NCM in normal and wet
periods than that in dry periods could probably suggest a stronger impact of stochastic
processes on microbial community assemblages in normal and wet periods than that in dry
periods. It is concluded that the impact of stochastic processes on microbial community
assemblages could be changed with the water conditions in WDRs. To advance the under-
standing of the ecological processes governing microbial community assembly in WDRs,
a series of river ecology theories should be further applied to the analysis. Furthermore,
microbial parameters should be incorporated into the river dynamics models and water
quality evaluation models to build a comprehensive ecological evaluation system in rivers.

5. Conclusions

WDRs function as specialized waterways and play a pivotal role in optimizing wa-
ter resource allocation. The ecosystem status of WDRs in the source area of WDPs is
basic insurance for the ecological health of rivers and residents’ livelihood. Under the
operation of water diversion projects, WDR ecology is constantly affected by external
factors, resulting in frequent changes in water quality and hydraulic conditions in different
water periods. Microorganisms play a crucial role in river ecosystems and are highly
responsive to environmental changes. Frequent environmental changes in WDRs would
probably have a considerable impact on the microbial ecology and ultimately affect the
ecology of the river. This study investigated the microbial communities in sediments in the
source areas of ER-SNWDP during three typical water periods for the first time. A total of
1,997,209 sequence reads were obtained by 16S rRNA gene sequencing. Generally, micro-
bial communities in this area were dominated by Proteobacteria, Chloroflexi, Acidobacteriota,
and Bacteroidota. Various microbial communities are more susceptible to changes in water
conditions and exhibit distinct distribution characteristics across different water periods,
notably Chloroflexi, Firmicutes, Cyanobacteria, Anaerolineaceae, and Chloroplast. During the
wet period, microbial communities exhibited the highest richness, biodiversity, and the
most intense antagonistic relationships compared to those in the dry and normal water
periods. Throughout all periods, the microbial network predominantly existed in symbi-
otic models characterized by mutual benefit and symbiosis. During the dry period, the
microbial co-occurrence network was found to be the most complex, with microbial OTUs
showing the closest interconnections. The functional analysis determined carbohydrate
metabolism, amino acid metabolism, energy metabolism, cofactor and vitamin metabolism,
and translation as the most predominant functions of microbial communities. Microbial
communities in this period also showed the highest nestedness-resultant dissimilarity
index, followed by those in the normal period and the wet period. Spatial turnover of
species and stochastic processes were determined as the dominant mechanisms controlling
community diversity, succession, and biogeography in the WDRs in the source area of
ER-SNWDP. A more pronounced impact of stochastic processes on microbial community
assemblages was observed during normal or wet periods, as opposed to the dry period.
This study could provide a comprehensive understanding of microbial ecology in WDRs
under different water periods and is pivotal for the maintenance of river ecological health
and the conservation of water resources in WDRs.
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period, and Group C represents samples collected in the wet period).
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