
mdpi.com/journal/catalysts

Special Issue Reprint

Photocatalytic Oxidation/
Ozonation Processes

Edited by 

Fernando J. Beltrán Novillo and Juan F. García-Araya



Photocatalytic Oxidation/Ozonation
Processes





Photocatalytic Oxidation/Ozonation
Processes

Guest Editors

Fernando J. Beltrán Novillo

Juan F. Garcı́a-Araya

Basel • Beijing • Wuhan • Barcelona • Belgrade • Novi Sad • Cluj • Manchester



Guest Editors

Fernando J. Beltrán Novillo

Ingenierı́a Quı́mica y

Quı́mica Fı́sica

Universidad de Extremadura

Badajoz

Spain

Juan F. Garcı́a-Araya

Ingenierı́a Quı́mica y

Quı́mica Fı́sica

Universidad de Extremadura

Badajoz

Spain

Editorial Office

MDPI AG

Grosspeteranlage 5

4052 Basel, Switzerland

This is a reprint of the Special Issue, published open access by the journal Catalysts

(ISSN 2073-4344), freely accessible at: https://www.mdpi.com/journal/catalysts/special issues/

photocatalytic oxidation ozonation.

For citation purposes, cite each article independently as indicated on the article page online and as

indicated below:

Lastname, A.A.; Lastname, B.B. Article Title. Journal Name Year, Volume Number, Page Range.

ISBN 978-3-7258-6672-4 (Hbk)

ISBN 978-3-7258-6673-1 (PDF)

https://doi.org/10.3390/books978-3-7258-6673-1

© 2026 by the authors. Articles in this reprint are Open Access and distributed under the Creative

Commons Attribution (CC BY) license. The reprint as a whole is distributed by MDPI under the terms

and conditions of the Creative Commons Attribution-NonCommercial-NoDerivs (CC BY-NC-ND)

license (https://creativecommons.org/licenses/by-nc-nd/4.0/).



Contents

About the Editors . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . vii

Juan F. Garcı́a-Araya and Fernando J. Beltrán

Photocatalytic Oxidation/Ozonation Processes
Reprinted from: Catalysts 2023, 13, 314, https://doi.org/10.3390/catal13020314 . . . . . . . . . . 1

Fernando J. Beltrán, Javier Rivas and Juan-Fernando Garcia-Araya

Six Flux Model for the Central Lamp Reactor Applied to an External Four-Lamp Reactor
Reprinted from: Catalysts 2021, 11, 1190, https://doi.org/10.3390/catal11101190 . . . . . . . . . 5

Claudia M. Aguilar-Melo, Julia L. Rodrı́guez, Isaac Chairez, Iván Salgado, J. A. Andraca

Adame, J. A. Galaviz-Pérez, et al.
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Photocatalytic Oxidation/Ozonation Processes

Juan F. García-Araya * and Fernando J. Beltrán *

Departamento de Ingeniería Química y Química Física, Instituto Universitario de Investigación del Agua,
Cambio Climático y Sostenibilidad, Universidad de Extremadura, 06006 Badajoz, Spain
* Correspondence: jfgarcia@unex.es (J.F.G.-A.); fbeltran@unex.es (F.J.B.)

Diffuse pollution and the presence in waters of so-called emerging pollutants, among
others, represent a major global environmental problem. Often, the technologies imple-
mented in conventional treatment plants fail to effectively solve this problem [1].

Deepening the study of already known processes (e.g., membranes, adsorption,
and chemical oxidation) and some of their variants, or other innovative technologies,
could improve water quality indices. Among these technologies are advanced oxidation
processes (AOPs) based on the generation of hydroxyl radicals with high oxidizing
capacity. These short-lived species can completely eliminate pollutants and form CO2 and
H2O, unlike classic tertiary processes such as membrane filtration and adsorption, which
only transfer contaminants from one phase (water) to another (membrane concentrates,
adsorbents, etc.) and do not destroy them.

Ozonation in the presence of homogeneous metallic catalysts (e.g., iron or man-
ganese), hydrogen peroxide, and ultraviolet radiation are widely studied AOPs. Their
effectiveness and ease of application make them very attractive for removing pollutants
from water.

More innovative are AOPs in which light radiation electronically activates a semicon-
ductor material (catalyst), generating charge carriers (holes and electrons) that eventually
form hydroxyl radicals. Works carried out in the laboratory indicate that the process is
efficient with UV light as the radiation source and TiO2 in powder form as the catalyst.
However, its implementation in a water treatment plant presents a series of problems,
such as the source of UV radiation or the use of powdered TiO2 (whose separation
from treated water is difficult and expensive). Furthermore, the high recombination of
charge carriers, which inhibit the oxidation process, is another problem that must be
solves. Accordingly, new research focuses on cheap and environmentally sustainable
sources of radiation (e.g., sunlight and LEDs) and on the development of efficient catalysts
that are easy to use and handle in water treatment plants (e.g., doped TiO2, supported
photocatalysts, photocatalysts with magnetic properties, etc.).

The synergy between ozonation and photocatalytic oxidation (photocatalytic ozona-
tion) constitutes another AOP with application potential due to its various methods of
hydroxyl radical formation to enhance the effect of the direct ozonation of pollutants.

This Special Issue focuses on the synthesis and characterization of supported or
magnetic photocatalysts and their application in reactions with water pollutants in the
presence of visible light (solar or simulated) or radiation from UVA-visible LEDs, with
and without the presence of ozone. Additionally, this issue deals with ozone processes in
water that involve the simultaneous application of ozone with homogeneous catalysts
(e.g., iron and manganese), UV radiation (without catalysts), hydrogen peroxide, etc.,
which are called ozone advanced oxidation processes. The aim is to highlight condi-
tions that improve photocatalytic oxidation performance and ozone advanced oxidation
processes.

The contributions to this issue are summarized below:
Peng et al. [2] synthesized and applied Ag/ZnO nanocomposites in the photocat-

alytic ozonation of phenol. Their crystal, textural, morphological, optical, and electro-
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chemical properties were investigated in detail using XRD, Raman, SEM, TEM, UV-vis
diffuse reflectance spectroscopy (DRS), X-ray photoemission spectroscopy (XPS), and
photoluminescence (PL) techniques. The results indicated that silver nanoparticles were
well dispersed on the surface of porous ZnO and that intimate contacts were formed at
the Ag/ZnO interfaces. This prominently favored the separation and transfer of pho-
toinduced electrons from ZnO to Ag nanoparticles for the activation of ozone to produce
hydroxyl and superoxide ion radicals. As a result, significant enhancement in the pho-
tocatalytic ozonation of phenol was achieved over Ag/ZnO catalysts. The results also
showed a synergistic effect between photocatalysis and ozonation.

Due to the rising threat to aquatic environments, the removal of methyl tert-butyl
ether (MTBE) is necessary. This pollutant, even at very low concentrations, makes water
undrinkable; therefore, an effective treatment must be developed. Šihor et al. [3] carried
out photocatalytic oxidation of MTBE in the presence of various TiO2 photocatalysts with
different phase composition prepared using different methods. The authors confirmed
that the phase composition of TiO2 had the most significant influence on the photocat-
alytic degradation of MTBE. The rutile phase more easily reduced oxygen adsorbed by
photogenerated electrons to superoxide radicals, supporting the separation of charge
carriers. About 40% of total organic carbon was removed after 1 h of irradiation in the
presence of TiO2–ISOP–C/800 photocatalysts composed of anatase and rutile phase.

Zhang et al. [4] prepared hexagon-shaped potassium ferrite (K2Fe4O7) crystals of
different sizes using the hydrothermal method. The crystals showed a narrow band gap
of 1.44 eV, revealed via UV-visible diffuse reflectance spectroscopy; they were thus used
as a heterogeneous Fenton catalyst to degrade methylene blue and crystal violet in the
presence of green oxidant H2O2 under visible-light irradiation. Among the investigated
crystals, the as-prepared one with an average size of 20 μm exhibited better photocatalytic
activity due to its high surface area. When this catalyst was used in a photo-Fenton
process, 100% methylene blue and 92% crystal violet were degraded within 35 min.
Moreover, the catalyst maintained high photocatalytic activity and was stable after four
continuous cycles. Trapping experiments showed that the active hydroxyl radical (OH)
was dominant in the photo-Fenton reaction. Therefore, this new photo-Fenton catalyst
has great potential for the photocatalytic degradation of dye contaminants in water.

Sugiyama et al. [5] investigated which active oxygen species affect the oxidative de-
hydrogenation of methane by employing photo-catalysts such as TiO2 and WO3, which
generate active oxygen from UV-LED irradiation conditions under oxygen flow. These
photo-catalysts were studied in combination with Sm2O3, which is a methane oxidation
coupling catalyst. Their constructed reaction system directly irradiated UV-LED to form a
solid catalyst via a normal fixed-bed continuous-flow reactor operating under atmospheric
pressure. UV-LED irradiation clearly improved the partial oxidation from methane to CO
and/or slightly improved the oxidative coupling route from methane to ethylene when
binary catalysts consisting of Sm2O3 and TiO2 were used, while negligible UV-LED effects
were detected when using individual Sm2O3 and WO3. The authors concluded that Sm2O3-
TiO2 coupling catalysts and UV-LED irradiation generated the active oxygen of O2

−, thus
contributing to the oxidative dehydrogenation of methane, while the active oxygen of H2O2
from WO3 under the same conditions afforded only negligible effects on the activation of
methane.

Aguilar-Melo et al. [6] evaluated naproxen degradation efficiency via ozonation using
nickel oxide films as a catalyst. The nickel oxide films were synthesized via chemical
vapor deposition and characterized via X-ray diffraction, scanning electron microscopy,
atomic force microscopy, and X-ray photoelectron spectroscopy. Naproxen degradation
was conducted for 5 min using 10 films of nickel oxide. The results were compared
to those from 100 mg/L nickel oxide powder ozonation and conventional ozonation.
Total organic carbon analysis demonstrated mineralization degrees of 12, 35, and 22%
with conventional ozonation, nickel oxide powder, and nickel oxide film ozonation,
respectively, after 60 min of reaction. The films of nickel oxide were used sequentially four
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times in ozonation, demonstrating the stability and properties of the synthesized material
as a catalyst for ozonation. A proposed modeling strategy using robust parametric
identification techniques allows for comparison of the pseudo-monomolecular reaction
rates of naproxen decomposition.

Shurbaji et al. [7] conducted a review of visible light photocatalysis for the decomposi-
tion of ciprofloxacin, norfloxacin, tetracycline, and sulfonamide antibiotics in wastewater.
This review summarized recent studies regarding semiconducting material modifications
for antibiotic degradation using visible light irradiation. Antibiotics are chemical com-
pounds that are used to kill bacteria or prevent their growth. They are used in fields
such as medicine, agriculture, and veterinary medicine. The removal of antibiotics from
wastewater is necessary since they develop antibacterial resistance. Conventional elim-
ination methods are limited due to the high costs and effort involved, as well as their
incomplete elimination. Semiconductor-assisted photocatalysis is an effective elimination
method for different organic wastes including antibiotics, and various semiconducting
materials have been tested to eliminate antibiotics from wastewater; nevertheless, research
is still ongoing due to some limitations.

Beltrán et al. [8] analyzed the role of catalytic ozonation processes in the elimination
of disinfection byproducts (DBPs) and their precursors in drinking water treatment.
Special attention has always been paid to the formation of DBPs in drinking water
treatment because of pathogen removal in the preparation of safe water. DBPs are
formed by oxidant-disinfectant chemicals (mainly chlorine derivatives such as chlorine,
hypochlorous acid, and chloramines), which react with natural organic matter (mainly
humic substances). DBPs are usually refractory to oxidation, mainly due to the presence of
halogen compounds, so advanced oxidation processes are recommended to deal with their
removal. This work reviewed the application of catalytic ozonation processes (with and
without the simultaneous presence of radiation), which are moderately recent advanced
oxidation processes, for the removal of humic substances (also called DBP precursors)
and DBPs themselves. First, a short history of the use of disinfectants in drinking water
treatment, DBP formation discovery, and alternative oxidants used is presented. The
following sections are dedicated to the application of conventional advanced oxidation
processes to remove DBPs and their precursors. Finally, a description is given of the
principal research achievements found in the literature regarding the application of
catalytic ozonation processes. In this sense, the authors review aspects such as operating
conditions, the reactors used, the radiation sources applied, kinetics, and mechanisms.

One of the difficulties in establishing the intrinsic kinetics of photocatalytic oxidation
processes is the complexity of the mathematical formula used to determine the rate
of photon absorption. To solve this problem, some models have been proposed and
checked, such as the six-flux model (SFM) confirmed for central-lamp photoreactors.
External-lamp photoreactors are also one of the most-used configurations for studying the
photocatalytic oxidation of contaminants in water, and complex mathematical solutions
have been reported to solve the rate of photon absorption. Beltrán et al. [9] adapted
the SFM equations already reported for the central lamp photoreactor to determine the
rate of photon absorption in an external four-lamp photoreactor. The results obtained
showed slight differences compared to those of the Monte Carlo method. Additionally,
once the rate of photon absorption was validated, the authors determined the intrinsic
rate constant and scavenging factor of the photocatalytic oxidation of some contaminant
compounds from the already-published results.

Author Contributions: Conceptualization, J.F.G.-A. and F.J.B.; Methodology, J.F.G.-A. and F.J.B.;
Writing—original draft preparation, J.F.G.-A.; Writing—review and editing, J.F.G.-A. and F.J.B.;
Supervision, J.F.G.-A. and F.J.B.; Funding acquisition, F.J.B. All authors have read and agreed to the
published version of the manuscript.

Data Availability Statement: Not applicable.
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Abstract: One of the difficulties of establishing the intrinsic kinetics of photocatalytic oxidation
processes is due to the complex mathematical formula used to determine the rate of photon
absorption. To solve this problem, some models have been proposed and checked, such as the Six
Flux Model (SFM) confirmed in central lamp photoreactors. External lamp photoreactors are also
one of the most used configurations to study the photocatalytic oxidation of contaminants in water,
and complex mathematical solutions have been reported to solve the rate of photon absorption. In
this work, SFM Equations already reported for the central lamp photoreactor have been adapted to
determine the rate of photon absorption in an external four-lamp photoreactor. The results obtained
show slight differences from those of the Monte Carlo method. Additionally, once the rate of photon
absorption was validated, the intrinsic rate constant and scavenging factor of the photocatalytic
oxidation of some contaminant compounds from results already published have been determined.

Keywords: volumetric rate of photon absorption; six flux model; external lamp photoreactor;
photocatalytic oxidation kinetics; scavenging factor; water organic contaminants

1. Introduction

It is well known that Advanced Oxidation Processes (AOPs), are the only technolo-
gies capable of destroying water contaminants at ambient conditions due to the high
oxidizing power of hydroxyl radicals generated in these processes [1,2]. Photocatalytic
oxidation (PCO) of water contaminants with ozonation and Fenton oxidation are some
of the advanced oxidation processes that have attracted a lot of research interest in the
last two decades [3–7]. In this century, literature shows more than 6700 papers on this
subject; a figure similar to that of ozonation or Fenton processes, with about 7100 and
5500 papers, respectively, according to the Scope database. PCO consists of the irradiation
of semiconductor material to produce positive (holes) and negative (electrons) charges
when the energy of radiation at least equals the band gap energy of the semiconduc-
tor [8]. Strong oxidant holes and reducing electrons then migrate from the valence and
conduction bands, respectively, to the surface of the catalyst to directly, in the case of
holes, or indirectly, through species formed from them (hydroxyl, superoxide radicals,
etc.), react with the organics present in water [9]. It is evident that absorption of energy
is the key step of PCO. The knowledge of the rate of photon absorption is fundamental
to establishing the contaminant oxidation rate. The main variables affecting the photon
absorption rate concern the geometry of the reacting system (photoreactor), the intensity
of radiation and the optical properties of the catalyst, among others [10,11]. When solving
the photocatalytic oxidation rate of any contaminant, the radiation transfer equation and
the mass balance of the target compound and, in some cases, fluidodynamic aspects are
needed, with the former as the most difficult step to be solved [12]. Literature has already
reported complicated mathematical models to solve the radiation transfer equation or
algorithms based on Monte Carlo methods that cannot be easily applied to any geometry

Catalysts 2021, 11, 1190. https://doi.org/10.3390/catal11101190 https://www.mdpi.com/journal/catalysts5
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of a given photoreactor [13–15]. This is because these methods and models have to con-
sider the possibilities that one photon can be absorbed, transmitted or dispersed when it
reaches a catalyst particle in the reacting medium. More recently, methods based on the
probability that one photon can be dispersed after its collision with the catalyst particle
by following different directions have also been proposed [16,17]. Among these models,
the so-called Six Flux Model (SFM), which is based on the six cartesian directions that the
photon can follow after any collision, has been checked and confirmed in a cylindrical
photoreactor with a central located UV lamp (central lamp photoreactor). This configura-
tion is likely the preferred option to study the PCO of water contaminants [18,19]. In this
photochemical reactor, radiation coming from the central axis, where the lamp is placed,
radially travels to reach the reaction media limited between two cylinders. SFM perfectly
calculates the local volumetric photon absorption rate (LVRPA) as a function of the axial
and radial coordinates. Next, considering the knowledge of the optical catalyst properties,
reactor dimensions and the probability function that any photon has to follow the six
cartesian directions after colliding with a catalyst particle, the overall absorption rate of
photon absorption (OVRPA) of the catalyst can also be calculated. In addition to central
lamp photoreactors, external n-lamp photoreactors have also been used in PCO, and their
OVRPA was solved by means of Monte Carlo methods [20–22].

Given the similar geometry and radial transport of radiation of the external lamp
and central lamp photoreactors, an attempt to apply the SFM equations established for
the latter to the former constitutes the first objective of this work. Additionally, a second
objective was to determine the rate constant of the reaction of some organics in PCO once
the OVRPA has been determined, that is, the intrinsic kinetics of PCO.

2. Results and Discussion

Figures 1 and 2 show the typical schemes of the central lamp and four external lamps
photoreactors with their corresponding axial and radial dimension variables, among
others.

Figure 1. Scheme of the central lamp photoreactor and principal dimensions.

6
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Figure 2. Scheme of the external four lamps photoreactor and principal dimensions.

For the central lamp photoreactor, the SFM yields Equation (1) to determine the local
volumetric rate of photon absorption [1]:

LVRPA = Kf(z*)f(ξ*) (1)

with K, f(z*) and f(ξ*) defined as follows:

K =
rLIWτ(1−ω)

2δωcor
f(ω, τ) (2)

where rL is the lamp radius, IW the incident radiation at the internal wall of the photore-
actor or at the radius (R1) of the well where the lamp is immersed, δ the length path
of radiation reaction space or R2 − R1, τ, the optical density of the catalyst, ωcor, the
corrected albedo and f(ω,τ) a function of the scattering albedo (ω) and optical density of
the catalyst (see definitions in the Supplementary section),

f(z*) = arctan
(
β

2
(2αz*− α+ 1)

)
−arctan

(
β

2
(2αz*− α− 1)

)
(3)

where α and β are dimensionless geometrical parameters:

α =
H
L

(4)

β =
L
R1

(5)

L and H being the length of the lamp and height of the water in the reactor, re-
spectively, and the dimensionless radial, ξ*, and axial, z*, coordinates are defined as
follows:

ξ* =
r− R1

δ
(6)

z* =
z
H

(7)

7
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where r − R1 and z are the dimension radial and axial coordinates, respectively (see
Figure 1),

f(ξ*) =
exp

(−τapξ*
)

R1+δξ*
(8)

where τap is the apparent optical density of the catalyst. Note that ξ*, the dimensionless
radial variable, only just covers the length of the reaction space between R1 and R2,
that is, δ.

In order to validate SFM Equation (1) for the external four-lamp photoreactor, two
assumptions have been considered:

1. Dimension variables of the central lamp photoreactor are substituted by the
corresponding variables of the same symbol or name of the external lamp photoreactor
so that Figure 2 becomes Figure 1. For instance, the radius of the internal wall of the
assumed photoreactor was R1, that is, the distance between the lamp and the wall of the
actual external lamp photoreactor.

2. The radius of the lamp considered in Equation (1) was the diameter of the radius
of any lamp of the external lamp photoreactor since it is assumed that only one lamp
situated in the central axis of the photoreactor substitutes, as a radiation source, the four
lamps of the actual photoreactor.

2.1. LVRPA and OVRPA

To confirm the validity of the SFM model, the external four-lamp photoreactor of
reference [21] with corresponding dimensions (see Table S1 and Figure 1) was considered.
In reference [21], the photocatalytic oxidation of dichloroacetic acid (DCA) with a catalyst
suspension of P25 TiO2 was studied. In the work, the authors determined the LVRPA
and OVRPA by applying the Monte Carlo method, which apparently led to what can be
assumed was the exact solution. In the present work, parameter values of SFM related to
the optical properties of the catalyst (P25 TiO2) have also been taken from the literature
and are shown in Table S1.

As an example, LVRPA at the central lamp position (z* = 0.5) as a function of the
dimensionless radial variable within the reaction space ξ* and for different catalyst con-
centrations has been calculated using Equations (1) to (8). Figure 3 shows, as an example,
how LVRPA changes with ξ* for concentrations between 10−3 and 5 × 10−2 gL−1 (see
Figure S1 in the Supplementary information for results at other catalyst concentrations).
These results show a high similarity to those previously reported [21]. As can be seen
from Figure 3, for a given value of ξ* close to the reactor wall (0 < ξ* < 0.1), the higher the
catalyst concentration, the higher the LVRPA. However, at higher ξ* values, the opposite
situation is observed, though in these cases, LVRPA presents extremely low values or even
negligible. This is the result of the increasing scattering radiation as the concentration
of catalyst increases. At high catalyst concentrations, the absorption of photons is high
as far as they collide with external catalyst particles situated close to the photoreactor’s
wall, where radiation arrives. Nevertheless, at higher ξ* values, a low amount of photons
reached this reaction media location. As a consequence, absorption rates’ negligibility
significantly diminished, especially for high catalyst concentration (see Figure S1).

The next step was the determination of OVRPA from the integration of LVRPA into
the reaction volume as follows:

OVRPA =

V∫
0

LVRPA dV =

R2∫
R1

H∫
0

LVRPA 2πrdrdz = 2πHδ

1∫
0

1∫
0

(R1+δξ*)LVRPA dz*dξ* (9)
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Figure 3. Local Volumetric Rate of Photon Absorption (VRPA) vs. ξ* from Six Flux Model (SFM) adapted to
the external four-lamp photoreactor. Variation with dimensionless radial position within the reaction space and
catalyst concentration. Catalyst concentration, gL−1: � 10−3, � 5 × 10−3, � 10−2, � 5 × 10−2.

Figure 4 shows the values of OVRPA deduced for different catalyst concentrations.

Figure 4. Variation of Overall Volumetric Rate of Photon Absorption (OVRPA) with catalyst concentration.

As can be seen from Figure 4, the increase in the catalyst concentration up to about 0.05 gL−1 leads
to another corresponding increase in the OVRPA. Catalyst concentrations above this value resulted in
a constant value of the OVRPA. This is an expected trend due to the increasing radiation dispersion
that the catalyst provokes when its concentration is high. In Figure 5, a comparison of the results
obtained with SFM in this work and the Monte Carlo method of Rivas et al. [21] in terms of percentage
of absorbed radiation at different catalyst concentrations is shown. As observed from Figure 5, the
application of SFM corresponding to the internal lamp photoreactor predicts with deviations lower than
10% the results from the Monte Carlo method for concentrations higher than 0.05 gL−1 of catalyst, while
it overestimates the results from the Monte Carlo method at low concentrations. In any case, research
commonly works on photocatalytic oxidation are carried out above the limit of catalyst concentration,
that is, at concentrations leading to the highest photon absorption rate. In this sense, the application of

9
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SFM to the external lamp reactor as if it would behave as a central lamp photoreactor can be a good
option to know the overall volumetric rate of photon absorption.

Figure 5. Percentage of absorbed radiation with catalyst concentration from the SFM model (�) and the Monte
Carlo method (percentages values from these method deduced from [21] (�).

2.2. Kinetics of Photocatalytic Oxidation of Some Organic Contaminants

The photocatalytic oxidation rate of contaminants in water usually follows Langmuir kinetics [23,
24], which, in many cases, reduces to first-order kinetics when the product of the equilibrium adsorption
constant and the concentration of the contaminant is significantly lower than 1. This is the normal
scenario in real cases of water treatment where the concentration of the contaminant is low [25]:

−rM =
kMCM

1 + KMCM
� kMCM if KMCM<< 1 (10)

This first-order kinetics, however, can also be confirmed by considering that hydroxyl radical
oxidation is the main way to remove contaminants when photocatalytic oxidation is applied. This way
of reaction can be produced if hydroxyl radicals are formed from the positive holes in the valence band
of the semiconductor:

h++H2Oads(or −OHads
)→ HO• (11)

and even from successive steps starting with the formation of superoxide ion radicals in the conduction
band of the semiconductor:

e−+O2 → O−2 • → . . . H2O2 → . . . HO• (12)

Both ways of reaction have been extensively reported in photocatalytic oxidation works [26].
With this assumption and provided that a contaminant M does not directly photodecompose, its
photocatalytic oxidation rate would be:

−rM= kHOMCHOCM (13)

where kHOM is the rate constant of the reaction between hydroxyl radicals and M; and the concentration
of these free radicals, CHO, is the ratio between their initiation rate, rin, and the sum of the products
between the concentration of any hydroxyl radical scavenger substance, CSi, and the corresponding
rate constant of its reaction with hydroxyl radicals, kHOSi. This term is usually called the scavenging
factor, SF [27]:

CHO =
rin

∑ kHOSi CSi

(14)

10
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In Equation (14), the initiation rate of radicals is the product between the catalyst quantum yield,
φcat, and OVRPA, so that Equation (13) becomes Equation (15), that is, first-order kinetics as in Equation
(10):

−rM= kHOM
φcatOVRPA
∑ kHOSiCSi

CM= kMCM (15)

It should be noted that the SF can change with reaction time because of the changing nature of
byproducts formed over time that are usually of increasing hydroxyl radical scavenging character [28].

Determination of the Intrinsic Rate Constant of Photocatalytic Oxidation

According to Equation (15), the ratio between the rate constant kHOM and SF, that is, the intrinsic
rate constant of photocatalytic oxidation, can be obtained from kM once the quantum yield of the
catalyst and the OVRPA are known:

kHOM

∑ kHOSiCSi

=
kM

φcatOVRPA
(16)

Notice that this intrinsic rate constant depends on the nature of the aqueous medium since scav-
enger concentrations affect the oxidation rate of a given contaminant M. In this work, the intrinsic rate
constant of a series of contaminants has been determined in ultrapure water. Data on the photocatalytic
oxidation of these compounds have been taken from previous works by this research group [20–22].
Table 1 shows the lists of compounds, their kHOM values and the works where the results are published.

Table 1. Contaminants considered and their corresponding hydroxyl radical rate constant values.

Compound Reference for Results kHOM × 10−9, M−1s−1 Reference for kHOM

Dichloroacetic acid, DCA [21] 3.9 [29]
2-methyl-4-chlorophenoxyacetic acid MCPA [20] 6.6 [30]

Metoprolol (MTP) [22] 7.3 [31]
Diclofenac (DCF) [22] 7.5 [32]
Ketorolac (KTR) [22] 7.3 [31]

In these quoted works, an increase of 4 ◦C in one hour was observed in the reaction medium
due to the radiation applied. At first, this can affect the process kinetics. However, in photocatalytic
oxidation, the rate constant kM in Equation (10) depends on the catalyst quantum yield, radiation
intensity applied and rate constants of reactions involving free radical and charged species, such as
electrons and holes (see Equations (11) and (12)). These parameters, in fact, hardly have a significant
influence on photocatalytic kinetics. For instance, Chen et al. [33] carried out photocatalytic runs for
the removal of methylene blue, MB, in the 20 to 70 ◦C temperature interval with minimal differences in
MB conversion with time. Accordingly, the temperature effect was neglected in the kinetic study of
this work.

Additionally, literature reports negligible adsorption on TiO2 of Dichloroacetic acid (DCA), Meto-
prolol (MTP), Ketorolac (KTR) and Diclofenac (DCF) [12,22]. Then, for these compounds, the simplifi-
cation of Langmuir kinetics to a pseudo-first-order one can be conducted. With respect to 2-methyl-4-
chlorophenoxyacetic acid (MCPA), Zertal et al. [34] reported less than 20% adsorption on TiO2, and
taking into account the number of vacant sites of the catalyst [35], a value of the adsorption equilibrium
constant KM = 6303.3 M−1 is found, as shown in the Supplementary section. Then, the product KMCM
at the start of oxidation (see Equation (10)) is 1.57, which is higher than 1. Therefore, Langmuir kinetics
cannot be reduced to simple pseudo-first-order kinetics. However, the relationship between kM and
parameters of Equation (15) still hold, that is:

kM= kHOM
φcatOVRPA
∑ kHOSi CSi

(17)

In Equation (17), the quantum yield of the catalyst, P25 TiO2, (φCat) for the concentrations used
in the quoted works [20–22], between 0.15 and 0.5 gL−1, and the radiation source emitting between
350 and 410 nm were taken as 3.7 × 10−3 molEinstein−1 from Tolosana-Moranchel et al. [36]. Incident
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radiation at the reactor wall (r = R1) was 1.19 × 10−5, 1.15 × 10−6 and 8.33 × 10−7 EinsteinL−1s−1 for
the works from [20–22], respectively.

From the above conclusions, the kinetics of the photocatalytic oxidation of compounds in Table 1
follows the Langmuir model for MCPA and pseudo-first-order for the rest of the compounds. In any
case, the external four-lamp photoreactors of quoted references worked as semicontinuous (oxygen
was continuously provided) perfectly mixed tanks, so that the mass balance of any compound in these
reactors during photocatalytic oxidation is given by Equation (18):

dCM

dt
= rM (18)

• Case of first-order kinetics

Solving differential Equation (18) with rM = −kMCM yields the concentration profile of M with
time:

CM= CM0exp(−k M t) (19)

Equation (19) for the photoxidation of the compounds shown in Table 1, which follow first-order
kinetics, was confirmed in all cases though it depended on the reaction time (see Figure 6 for the case
of DCA at different concentrations as an example).

Figure 6. First-order kinetics for the photocatalytic oxidation of Dichloroacetic acid (DCA) (experimental data
deduced from [21]). Initial DCA concentration, mgL−1: � 5; � 20; � 50; � 70.

This means that the higher the initial concentration of contaminant, the higher the reaction time
where first-order kinetics applies. For instance, for the case of pharmaceuticals MTP, DCF and KTR,
the results from [22] for 20 and 0.05 mgL−1 initial concentrations show that the first-order kinetics
hold during the first 60 and 15 min, respectively. (In the Supplementary section, the confirmation of
Equation (18) for MTP, DCF and KTR is also shown in Figure S2.) However, as pointed out before, at
higher reaction times, it is likely that first order kinetics still hold but with lower rate constant values
due to the increase in SF [28]. In this work, only concentration-time data corresponding to this first
period of reaction was considered to determine the intrinsic rate constant.

• Case of Langmuir kinetics

For the case of MCPA, following Langmuir kinetics, the mass balance of Equation (20) applies:

dCM

dt
= rM= − kMCM

1 + KMCM
(20)

The separation of variables and integration leads to:

ln
(

CM

CM0

)
+KM(CM−CM0)= Y = −kMt (21)
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Figure 7 confirms Equation (21) for photocatalytic oxidation of MCPA, where the slope of the
straight line after least squares fitting, as in Figure 6, also corresponds to −kM. It should be highlighted
that values of kM for MCPA photocatalytic oxidation following both the Langmuir model and first-
order kinetics are nearly coincident (0.1116 and 0.104 min−1, respectively). In the Supplementary
section, the confirmation of Equation (19) of first-order kinetics for the case of MCPA is also presented.
Accordingly, for MCPA, in spite of the non-negligible contribution of adsorption, first-order kinetics
could be assumed as well.

Figure 7. Langmuir kinetics for the photocatalytic oxidation of 2-methyl-4-chlorophenoxyacetic acid (MCPA)
(experimental data deduced from [20]).

The values of kM and the duration of this first initial period (for DCA, MTP, DCF and KTR) where
they hold together to the one of MCPA photocatalytic oxidation are given in Table 2. From Table 2, it
can be seen that for a given compound, the higher its concentration in water, the lower the intrinsic
rate constant and the higher the SF. This is observed in the results of DCA and pharmaceuticals, and it
is due to the lesser byproducts formed when the initial concentration was lower.

The complexity of the molecular structure of the compound also has a positive effect on SF as a
result of the higher number of intermediates that can be formed from a compound of a more complex
structure. This can be seen by comparing the results of DCA and pharmaceuticals at a 20 ppm initial
concentration, though the difference in SF is low, 1.04 × 105 against 1.15 × 105 (mean value) s−1,
respectively. However, another variable that affects SF is the absorbed radiation, which was 3.24
× 10−6 and 2.27 × 10−7 EinsteinL−1s−1 for DCA and pharmaceutical photooxidation, respectively.
These values are the reason for the low SF differences in spite of the more complex structure of
pharmaceuticals compared to DCA. Additionally, it can be observed that SF values obtained from the
simultaneous photooxidation of the three pharmaceutical compounds were similar regardless of their
initial concentration. This is an expected result since, in these cases, the formed scavengers belong to
the same experiment because the pharmaceuticals were simultaneously treated.

Table 2. Compounds considered, initial concentration, reaction time of first-order kinetics, first-order rate constant, intrinsic
rate constant and scavenging factor.

Compound CM0, mgL−1 Reaction Time, min kd, min−1 kHOM/SF d, M−1 SFd, s−1

DCA a 5 25 6.47 × 10−2 9.00 × 104 4.33 × 104

20 50 2.70 × 10−2 3.76 × 104 1.04 × 105

50 50 1.98 × 10−2 2.76 × 104 1.42 × 105

70 50 1.69 × 10−2 2.35 × 104 1.66 × 105

MCPA b 5 20 1.116 × 10−1 1.29 × 106 5.13 × 103

KTR c 0.05 15 5.47 × 10−2 1.10 × 106 6.67 × 103

20 60 3.3 × 10−3 6.61 × 104 1.10 × 105

DCF c 0.05 15 6.11 × 10−2 1.22 × 106 6.13 × 103

20 60 3.4 × 10−3 6.81 × 104 1.10 × 105

MTP c 0.05 15 4.62 × 10−2 0.95 × 106 7.89 × 103

20 60 2.9 × 10−3 5.81 × 104 1.26 × 105

a From [21], b From [20] assuming Langmuir kinetics, c Results from photocatalytic oxidation of a contaminant mixture [22] where KTR,
DCF and MTP were simultaneously treated, d From this work. SF is the Scavenging Factor.
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3. Materials and Methods

The materials, methods and experimental set-up are reported in previous works in detail [20–22].
Briefly, the experimental set-up was an external four-lamp reactor that consisted of a 1 L borosilicate
glass tank provided with magnetic agitation and inlets for oxygen feed and sampling and outlet for gas
exiting. The tank was immersed in a pipe box that also contained four black light lamps that emitted
radiation between 350 and 410 nm. The lamps were evenly distributed and attached to the pipe.

4. Conclusions

The main conclusions of this work are:
* The Six Flux Model applied to a central lamp reactor predicts the results of the OVRPA for an

external four-lamp photoreactor with deviations lower than 10% with catalyst concentration leading
to the highest photon absorption rate. This confirms the results from Monte Carlo methods already
published. For low catalyst concentrations, SFM overestimates OVRPA values comparing to those from
the Monte Carlo method.

* As expected, the predicted LVRPA values show a radial variation for a given value of the axial
dimensionless variable being high at the reactor external wall and practically negligible in the central
zone of the photoreactor.

* The OVRPA results confirm the positive effect of catalyst concentration. Thus, for low values of
catalyst concentration (<0.1 gL−1), the increase in this variable leads to an increase in OVRPA, while
at a higher catalyst concentration, OVRPA goes to a plateau value as a consequence of the higher
dispersion or scattering due to the increasing presence of catalyst particles.

* Simplified kinetics allow the determination of the intrinsic reaction rate constant and scavenging
factor of hydroxyl radicals. These rate constants increase with the decreasing initial concentration of
compounds.

* With the kinetic study, the scavenging factor, SF, of the aqueous solution can also be determined.
SF increases with the increase in the initial concentration of the contaminant, and the complex structure
of the treated compound formed as a result of the high concentration of byproducts. As expected, for
compounds treated with photocatalytic oxidation as a mixture doped to the water, SF yields the same
value regardless of the compound results.

Supplementary Materials: The following are available online at https://www.mdpi.com/2073-4344/11/10/1190
/s1, Figure S1: LVRPA vs. ξ* from SFM adapted to the external four lamp photoreactor. Variation with dimensional
radial position within the reaction space and catalyst concentration. Catalyst concentration, gL−1: � 0.5, � 1,
� 1.5, Figure S2. Confirmation of first order kinetics for KTR, DCF and MTP photocatalytic oxidation. Initial
concentration of compounds: 20 mgL−1. Symbols: � DCF, � MTP, � KTR. Experimental results from [4]. Figure
S3. Assumed first order kinetics for photocatalytic oxidation of MCPA (experimental results from [5]). Table S1:
Values of parameters applied for SFM and dimensions of external lamp photoreactor. Table S2. OVRPA SFM
calculated values at different catalyst concentration.
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Abstract: This study evaluates naproxen (NP) degradation efficiency by ozonation using nickel oxide
films (NiO(F)) as a catalyst. The NiO films were synthesized by chemical vapor deposition and
characterized by X-ray diffraction, scanning electron microscopy, atomic force microscopy and X-ray
photoelectron spectroscopy. NP degradation was conducted for 5 min using 10 films of NiO(F) comparing
against ozonation using 100 mg/L NiO powder in suspension (NiO(S)) and conventional ozonation
(O3-conv). Total organic carbon analysis demonstrated a mineralization degree of 12% with O3-conv, 35%
with NiO as powder and 22% with NiO(F) after 60 min of reaction. The films of NiO(F) were sequentially
used 4 times in ozonation demonstrating the stability of the synthesized material, as well as its properties
as a catalyst for ozonation. A proposed modeling strategy using robust parametric identification
techniques allows the comparison of NP decomposition pseudo-monomolecular reaction rates.

Keywords: naproxen; catalytic ozonation; nickel oxide films; mineralization; reaction kinetics

1. Introduction

The growing interest in catalytic ozonation is a consequence of their remarkable advantages with
respect to conventional ozonation whose benefits are (a) enhancing the recalcitrant pollutants removal
in water, (b) reducing reaction period, and (c) increasing the mineralization degree [1,2]. The presence
of suspended metallic oxides particles in a catalyst breaks down the ozone molecule leading to radical
generation (·OH mainly). These radicals are more reactive than molecular ozone due to their higher
oxidation potential [3]. Today, different catalysts have been used in the ozonation for decomposing a
wide variety of pollutants in water, including suspended metal oxides [4], supported metal oxides [5,6],
activated carbon [7], zeolites and clay minerals [8] are the most extended ones due to their fast and
efficient radicals generations.

Nickel oxide has shown outstanding results degrading herbicides [9], pharmaceutical compounds [10]
and polycyclic aromatic hydrocarbons [11] in combination with ozone.

Most research on heterogeneous catalytic ozonation used suspended particles of metallic oxides
as catalysts. This strategy favored the contact frequency between contaminants either with the catalysts
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surfaces or the oxidants produced [12]. Nevertheless, recuperation, separation and eventual reuse of
suspended solid catalysts are more complicated and require additional unitary operations [13].

Catalyst immobilization seems to be an appropriate alternative to avoid some of the known
inconveniences of using suspended particles of solid catalysts. There are several options to carry out
the catalyst immobilization, to produce different supporting structures (thin films, membranes, covered
spheres, etc.). Some conventional methods for thin film synthesis on specific substrates are liquid phase
deposition, chemical vapor deposition (CVD), hydrothermal treatment, electrophoretic deposition, among
others [14,15]. Each of these methods produces films with diversified characteristics like morphology,
surface roughness and reproducibility in the synthesized materials.

The CVD technique produces highly reproducible thin films with coating uniformity and control
as well as precise thickness. This method induces chemical reactions (thermal decomposition, reduction,
hydrolysis, oxidation, etc.) between precursor and substrate which yields the generation of a solid film
over the preheated substrate [16].

Supported catalysts application in some advanced catalytic oxidation processes (photocatalysis, mainly)
enhances the decomposition efficiency of complex, toxic and recalcitrant organics contaminants [17,18].
However, the use of catalysts fixed onto a surface (thin film coating) has been scarcely studied, according
to our knowledge, in ozonation of toxic and recalcitrant pollutants including diverse pharmaceutical
compounds [19].

The presence of pharmaceutical compounds in the environment has been associated with serious
problems in lakes and rivers such as mutations, infertility and sexual disorders in the aquatic fauna [20,21].
The increasing concentrations of pharmaceutical compounds in aquatic ecosystems is a consequence
of the inappropriate disposal of effluents coming from hospitals, farms, pharmaceutical industries,
urine of human beings and animals [22]. Among the regular pharmaceutical pollutants, naproxen (NP)
has been detected in different water bodies, since it is a common analgesic, which does not require a
medical prescription (Figure 1). NP is highly effective in the treatment of rheumatoid arthritis because
of its anti−inflammatory and antipyretic properties [23]. This compound is hardly biodegraded by
either aerobic or anaerobic microorganisms [24]. Several treatment methods have been applied to
eliminate NP in wastewater, including photocatalysis [25,26], biodegradation, UV photolysis [27,28],
sonocatalytic [29,30] and Fenton reaction [31]. These processes have demonstrated low decomposition
effectiveness and poor mineralization, as well as other operating drawbacks.

Figure 1. Chemical structures of Naproxen isomers.

One additional problem associated with heterogeneous catalytic ozonation reactions is the lack of
accurate models describing the complete process. The understanding of the process conditions and the
expected products can contribute to the operation control and quality of the contaminant degradation
results [32]. Classical modeling techniques of ozonation include the least square method to obtain an
accurate curve that fits the experimental data better. However, high variability presented in such a complex
chemical system (including serial and parallel reactions) can lead to inaccurate models, which may limit
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their applicability for real treatments. To overcome these problems, a robust differentiation technique was
implemented.

Catalytic ozonation with NiO in suspension represents an effective alternative to eliminate NP
from water [33], but the recovering and eventual reuse of suspended catalysts needs to be resolved.
Therefore, it is feasible to propose catalytic ozonation based on NiO thin films aimed to decompose
NP in aqueous solutions. Here, NiO films (NiO(F)) were supported on glass substrates by the CVD
method. A comparison was established between conventional and catalytic ozonation using NiO in
powder and films.

2. Results and Discussion

2.1. NiO(F) Characterization

The CVD technique used to deposit NiO allows the obtaining of a film with a uniform gray color.
The structural analysis was complemented with the X-ray diffraction (XRD) study. Figure 2 shows
the XRD pattern of NiO(F). The analyzed spectrum presents five characteristic peaks at 2θ = 37.52,
43.58, 63.14, 75.7 and 79.84◦. These signals agree with the commercial NiO(S), corresponding to the
(111), (200), (220), (311) and (222) planes, respectively. These signals are indexed to the cubic phase of
NiO (Joint Committee on Powder Diffraction Standards No. 78-0423, 73-1519) [34]. The presence of
only well-defined five peaks indicates the high purity of the NiO(F). According to the XRD pattern,
the NiO(F) obtained by CVD has preferential orientation in 111 direction and the orientation does not
change after ozonation. Furthermore, the films present compressive stress due to the slight slippage of
the peaks. If we consider (111) planes, NiO(S) presents the peak at position 37.20, while O3-NiO(F) at
37.36 and NiO(F) at 37.52. The results indicate that NiO(F) has 0.86% compressive stress and O3-NiO(F)
after the ozonation, there is a 0.43% relaxation compared to NiO(S) powders. Additionally, the X-ray
diffraction analysis in the software Match3 enables determination of a density of 6.79 g/cm3 for NiO(F).
The crystallinity stability was demonstrated in the NiO(F) XRD pattern after oxidation with ozone
(O3-NiO(F)). The well-defined five peaks detected in the sample without ozonation were observed
after the treatment. This pattern confirmed the stability of the film after ozonation.

Figure 2. X-ray diffraction XRD patterns of NiO(S), O3-NiO(F) and NiO(F).
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The surface morphology and thickness of NiO(F) were evaluated by Scanning Electron Microscopy
(SEM), Figure 3a. The image showed the aggregates of NiO on the glass substrates, revealing a dense
and continuous coating.

(a) (b)

Figure 3. SEM images of NiO(F) before and after ozonation (60 min of treatment). Insert Figure 2a
presents the cross-sectional image of the NiO(F): (a) NiO(F), (b) O3-NiO(F).

The optical image captured at 200,000× demonstrates the presence of NiO aggregates with an
equivalent diameter smaller than 100 nm. These aggregates are conformed by little spherical particles
(Figure 3a). A similar surface growth was reported in the synthesis of NiO films by electro-deposition
on ITO coated [35]. The cross-sectional image of the film (insert Figure 3a) demonstrated the deposition
of NiO on the glass slide was around 206 nm of thickness. This value was confirmed by spectroscopic
ellipsometry. The average thickness was 240.97± 55.56 nm (n = 3, an average of five points by sample).
After ozonation, NiO(F) (Figure 3b) showed apparent cracks. Lin et al. [35] in the synthesis of NiO(F)
by galvanostatic electro-deposition method, observed cracks on the surface. This fact was attributed
to the relaxation of the stress in the film. This behavior agrees with the XRD results, moreover, the
film stability was demonstrated using the constant diminution of total organic carbon (TOC) when the
reused films were used as the catalyst.

Figure 4 shows the Atomic force microscopy (AFM) images of surface morphology of NiO(F)
(Figure 4a) and O3-NiO(F) (Figure 4b). In these figures, no cracks are observed after ozonation. The values
of average roughness (Ra) and the root mean square roughness (Rrms) for NiO(F) were 4.66 nm and
5.89 nm, respectively and Ra was 4.82 nm and Rrms was 6.14 nm for O3-NiO(F). These results unlike that
observed in SEM analysis, suggest that the surface is not affected during the ozonation.

X-ray photoelectron spectroscopy (XPS) results for NiO(F) before and after ozonation are shown
in Figure 5. The Ni2p region in the XPS spectrum displays characteristic signals attributed to NiO,
Figure 5a. Ozone did not change the spectrum in the Ni region which is similar to previous DRX results.
Furthermore, the comparison NiO(F) and NiO(S) showed similar spectra. The O1s region (Figure 5b) is
decomposed in two main signals for NiO(F) and NiO(S): the first at 529.3 eV corresponding to oxygen
atoms lattice of NiO and the second around 531 eV assigned to defective oxygen, for instance oxygen
atoms due to nickel vacancies [9]. When the ozonation was carried out, NiO(F) displays two additional
peaks (at 531.8 eV (-CO) and 532.3 eV (-COH)) which are attributed to oxygen coordinated to carbon
atoms by adsorbed byproducts generating to NP decomposition.
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(a) (b)

Figure 4. AFM images of NiOF before and after ozonation (60 min of ozonation): (a) NiO(F). (b) O3-NiO(F).

(a) Ni2P (b) O1S

Figure 5. XPS patterns of NiO(F), NiO(S) and O3-NiO(F). (a) Ni2p and (b) O1s regions.

2.2. Evaluation of NiO(F) in the NP Removal Using Ozone

Figure 6a shows the NP degradation profiles (obtained by high efficiency liquid chromatography)
for conventional (O3-conv) and catalytic ozonation with NiO(F) and NiO(S). The NP signal was only
detected along the first five minutes of the reaction. In the presence of NiO(F) and NiO(S), the catalyst did
not modify the NP degradation profile in comparison with O3-conv. The determined NP degradation time
was faster than the other advanced oxidation process [31,36,37]. The apparent absence of changes in the
degradation profile of the parent compound agrees with previous results [38,39]. This fact was attributed
to: (1) ozone fast reaction with the initial contaminant (NP) and (2) generation of oxidant species (ozone
decomposition with catalyst) and reaction with NP ozonation byproducts.

The pH changed during the ozonation from the initial NP solution which had a pH of 5.0± 0.5 to
the final pH of 2.5± 0.5 after the treatment (60 min). Under these experimental conditions (acid pH),
the direct ozonation mechanism was favored and ozone decomposition (formation of oxidant species)
was not enforced. On the other hand, the oxalic acid accumulated in ozonation as the main final
product which yields the decreasing of pH. This result coincides with the reported results by other
researchers and our previous results [38,40].

Few articles have studied NP degradation by catalytic ozonation varying pH. The study proposed
in [41] reported NP (50 mg/L) degradation with 0.48 mg/s of ozone at pH of 5, 6, 7, 8 and 9. The treatment
at pH = 9 allowed near 100% of NP degradation after 4 min, while only 30% of NP was eliminated
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with pH = 5 during the same reaction time. This difference was explained considering that under basic
pH, direct and indirect mechanisms occur simultaneously. In the case of catalytic ozonation of NP,
[33] demonstrated that 1 g/L of TiO2 yields a higher mineralization degree at pH of 5 and it decreased
near 50% at pH 3. Moreover, the same authors proposed two periods of mineralization; the first period,
named the fast, corresponding to the fast reaction of easy oxidable compounds; in this period pH plays
a main role (while at greater pH = 7 increased the removal of TOC). The second mineralization stage
includes the reaction of refractory byproducts and it was independent of pH. Notice that some of these
results agree with the outcomes attained in this study.

The NiO effect can be observed in the oxalic acid profile over time (Figure 6b). This organic acid is a
recalcitrant compound to O3-conv [42,43]. Oxalic acid is a main final product formed as a consequence of
the aromatic ring outbreak or loss of acid naproxen substituent in the reaction, (mechanism reported by
Jallouli et al. [44]). The O3-NiO(F) duplicates the oxalic acid concentration in comparison with O3-conv
during the first min of reaction. The oxalic acid concentration is similar after 10 min in catalytic and
conventional ozonation. The differences in the oxalic acid profile in both ozonation systems justify the
proposed inclusion of several oxidant species in the catalytic ozonation. According to [38], the combination
of ozone and NiO produced hydroxyl radicals (·OH) which favors the elimination of refractory organic
compounds due to their oxidation potential (2.8 eV) [45].

Oxalic acid as a NP final product can be generated by two main routes: (1) the breakout of the
propionic acid substituent of NP and the release of a 3-carbon fragment, the subsequent 1-carbon
addition form the malic acid [44] by the oxidant species in the reaction. This byproduct is susceptible
to oxidation with ozone and hydroxyl radicals to produce oxalic acid (a recalcitrant final product) (2).
The electrospray ionization mass spectrometry (ESI-Ms) analysis of NP degradation effluents at 5 min
showed the formation of aromatic byproducts. The molecules proposed for these ions m/z of 237.11,
217.09, 177.66 and 149.06 only present one aromatic ring.

The fragments obtained in the breakout and degradation of the aromatic compounds can be
degraded to oxalic acid. The increase of the oxalic acid concentration in the first two minutes of ozonation
is possible due to the first route described above, where the break of aromatic rings is not needed.
The subsequent decrease and slight increment of this compound concentration might be related to the
aromatic byproduct’s degradation after 5 min which was confirmed by the HPLC and ESI-Ms studies.
As an example (Figure 7), a signal of a non-identified intermediate byproduct detected by HPLC (12.9 min
of retention time) disappeared after 10 min. Its maximal concentration was determined at 2 min.

(a) NP degradation (b) Oxalic acid

Figure 6. NP [20 mg/L] degradation (a) and oxalic acid concentration (b) generated by O3-conv,
O3-NiO(S) (100 mg/L) and O3-NiO(F). [O3] = 5.5± 0.5 mg/L, flow (O3-O2) = 0.5 L/min.
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Figure 7. Unidentified compound (12.9 min time retention HPLC) during the NP degradation with
conventional and catalytic systems

In a previous article regarding NP degradation with different proportions of water and ethanol
as solvents [38], the studies of ESI-Ms and ESI-mass-mass (ESI-Ms-Ms) spectrometry were done in
negative mode. Different aromatic byproducts such as

(a) 1-(6-methoxynaphthalene-2-yl)ethylhydroperoxide,
(b) 2-(3-(hydroxymethyl)-4-(2-methoxyethyl)phenyl)propanoic acid
(c) 2-(4-(2-hydroxyvinyl)phenyl)acetic acid and
(d) 4-Methylphenylacetic acid

were detected in the first 5 min of the reaction. However, these byproducts were not detected at
60 min of treatment (conventional and catalytic ozonation). Similar results were obtained with the
NiO films for the NP elimination. These results confirm that all these intermediate compounds are
close to be eliminated within the time window of the ozonation reaction (This fact is confirmed with
the ESI-Ms-Ms analysis in samples taken after 60 min of ozonation). What is more important is that
the decomposition of these compounds yields to the formation of organic acids (such as oxalic acid),
aldehydes and carbon dioxide. All these compounds are considered to be more biodegradable.

The global efficiency of water treatments can be determined by the TOC variation. The role of
NiO(F) was estimated also by TOC analysis (Figure 8). In the O3-conv, TOC removal after 60 min of
the reaction was 12.3%, while introducing 10 films of NiO increases this removal to 22%. The presence
of 100 mg/L of NiO(S) approximately achieved 35% of TOC removal, indicating that the solid catalyst
was a better system for the NP elimination.

The low and incomplete NP mineralization has been described as a regular condition in catalytic
ozonation. Rosal et al. reported near 40% of TOC removal in O3-conv and around 55% using 1000 mg/L
of TiO2 Degussa P25 after 60 min of reaction. Therefore, the use of TiO2 as a catalyst increased the
TOC removal about 15% [33]. This percentage is similar to the observed in this work with 100 mg/L of
NiO in suspension.

The use of NiO(F) showed less TOC removal compared to NiO(S). In this study, to compare correctly
the catalytic effectiveness of both catalytic cases, it is worth taking into account what decomposed mass of
NP corresponds to the mass of the catalyst in the reaction, it means a class of NP decomposition yield.
A rough calculation of the catalyst on the glass slide showed a mass of 1.2 mg per film and about 12 mg
over the 10 used films. The calculated amount of catalyst in the treatment is 10 times less than that used
in suspension (40 mg). Corresponding, the catalytic activity of NiO(F) is 1.66 mg of the decomposed NP
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and only 0.5 mg for NiO(S) at 1 mg of catalyst. Therefore, the catalytic activity of NiO(F) is 3.3 times
higher than NiO(S). This result shows the possibility of using lower concentrations of the catalyst when
depositing it on thin films, in addition to facilitate its recovery after ozonation.

The stability of NiO(F) was studied by TOC removal after 4 consecutive cycles of ozonation, Figure 8.
In all cases, NiO(F) removed similar TOC percent after each cycle (22.2%± 2.9% of TOC removal). Such a
result indicates that ozone-NP and ozone-byproducts reactions did not inhibit the activity of NiO(F) after
4 cycles. The use of films as catalysts in the ozonation is scarcely described yet. Guzman et al. (2020) [19],
in the 4-chlorophenol and 4-phenolsulfonic acid degradation by ozone (120 min) with six ceria oxide
films (26.4 × 76.2 mm) demonstrated a similar TOC removal in five cycles of treatment (about 44% for
both compounds). The results confirm the stability of the film in the catalytic ozonation.

Figure 8. TOC removal (%) in conventional and catalytic ozonation and the effect of reusing films
during three cycles with 10 films of NiO.

2.3. Mathematical Modeling of the Reaction Dynamics

Table 1 summarizes all parameters used in the Super-Twisting algorithm (STA) to estimate the
kinetics of the NP degradation by ozonation. The robustness of STA produces similar values for the
needed parameters for tuning the differentiator. Figure 9 shows the time variation of signals produce
by the modeling process that yields the kinetics and the approximate model of NP degradation by
conventional and catalytic ozonations. In the first step, data are collected from the HPLC. These data
are marked with a blue circle in all subfigures. Then, the black continuous line is obtained by an
interpolation process (spline functions as an approximation basis). This step is done to have enough
data to feed STA applied as a differentiator. The accuracy of the STA is related to the quality of the
collected data. The derivative is presented in the second graph. During the first 40 s of simulation,
STA presents an overshoot during the adaptation phase, which means it is the time when the value
x1(t)−CNP(t) is reaching the zero value. After this time, the derivative is exact, and one may calculate
the maximum rate of NP degradation. This rate is marked with a red circle in each graph and it is
reported in Table 1. This process was repeated three times to compare the behavior of the ozonation
cases studied in this manuscript.

Figure 9a shows the estimated model for the degradation of NP with conventional O3, while Figure 9b
shows the estimated model for the O3-NiO(S) and Figure 9c shows the process for O3-NiO(F). The STA was
numerically evaluated with k1 = k2 = 17.7 for the O3-conv and k1 = k2 = 15.1 for the catalytic ozonations.

Notice that all reaction rates constants are not varying significantly. However, their tendencies
confirm what one may detect as a critical outcome of this and similar studies on supported catalysts
over solid films: films of catalyst may be more efficient than conventional (no catalytic), but less than
using the powder catalyst. This condition can be clearly justified by the mass transfer effect which
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is not limited in the O3-NiO(S) case, but it could be an issue for the O3-NiO(F) process. Nevertheless,
the process efficiency in terms of the contaminants and byproducts removals concerning the catalyst
mass is relevantly higher for the case of thin films. Moreover, the stability of such films regarding
reusing experiments is a promising outcome attained here.
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Figure 9. Time evolution corresponding to the variables of the mathematical model and kinetic constant
of NP degradation by ozonation. In all the figures the blue circles represent the data obtained by HPLC,
the continuous black line represents the interpolated data and the red dotted line describes the model
approximation. The second row of graphs depicts the process of kinetic constant estimation based on
the STA method: (a) O3-conv. (b) O3-NiO(S). (c) O3-NiO(P).
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Table 1. Reaction rate constants for the NP degradation by conventional and catalytic ozonations.

Parameter O3-conv O3-NiO(S) O3-NiO(F)

kNP, [min−1] 0.6605 0.6914 0.6784

3. Materials and Methods

This section summarizes all materials and methods used in the catalytic ozonation of NP using
supported catalysts forming thin films. Also, the kinetic characterization of catalytic ozonation of NP
is proposed using a simplified model based on approximate pseudo-first-order dynamics.

3.1. Synthesis of Nickel Oxide Films

The synthesis of NiO(F) was carried out in a quartz tube within a CVD set-up reported elsewhere.
Nickel (II) acetylacetonate Ni(acac)2 (Sigma-Aldrich, Mexico City, Mexico 99.0%) was used as metal-
organic precursor of the corresponding metallic oxide. The conditions for NiO deposition were: (a) 200 ◦C
of Ni(acac)2 sublimation temperature, (b) 550 ◦C of substrate temperature, (c) mixture of Ar-O2 (60sccm-
60sccm). With these conditions, the allowed pressure in the equipment was 10 mTorr. This parameter
was kept constant along the reaction period. The deposition time was 15 min.

The NiO(F) grew up on glass plates of 2.5× 3.0 cm as the substrate. The substrate was washed
previously to the deposition with sonication cycles of 15 min using different solvents: acetone, ethanol,
and distillate water. The films were used in ozonation without any additional techniques.

3.2. NiO(F) Characterization

Characterization of NiO(F) was made with the following techniques: XRD, XPS, AFM (Brunker Zeiss
Bioscope catalyst), spectroscopic ellipsometry and SEM (JEOL JSM 6701F, Peabody, Massachusetts, USA,
5 kV). These techniques allowed to study the morphology and crystal structure of the obtained NiO(F).
The SEM determined the thickness of the NiO film. This parameter was compared with the result
obtained by spectroscopic ellipsometry in the HORIBA’s UVISEL equipment where the visible-UV
spectra were acquired from a range of 1.5–5.5 eV.

XRD analysis was carried out in the Bruker D8 advance equipment with copper radiation operating
at 35 kV and 25 mA (CuKα, λ = 1.54 Å) in 2θ between 20–90◦. The XRD pattern obtained from NiO(F)
was compared with NiO(S) with the Bruker D8 AXS equipment using the same operating conditions.

XPS (Thermo Fisher Scientific, Waltham, Massachusetts, USA) was applied to determine changes in
chemical binding types (Al Kα X-ray monochromatic source, 1487 eV; charge correction C1s: 284.6 eV).

AFM and NP-10 probes tips (Bruker, www.brukerafmprobes.com) with V-shaped cantilever
and 20 nm radius pyramidal-geometry were used. The measurements were done in Tapping mode.
The software NanoScope Analysis v1.4 (Bruker, Billerica, Massachusetts, USA, 2018) was used to
calculate the average roughness which determines the deviation in height. Root mean square roughness
represents the standard deviation of surface heights from AFM images. The thickness of NiO(F) was
obtained by spectroscopic ellipsometry.

3.3. Catalytic Ozonation

The stability condition of NiO(F) was studied in catalytic ozonation of NP solutions (Sigma-Aldrich,
99.8%; 20 mg/L dissolved in distillate water). The initial pH of the solution was 5.0± 0.5, this parameter
was not controlled during the ozonation. In O3-NiO(F) treatments, ten coated slides were assembled
on a Teflon sheet. They were put in a glass bubbled column reactor. This configuration allowed
the contact of NiO(F) with NP solution (400 mL) and ozone. The mixture O3-O2 (flow: 0.5 L/min
and [O3] = 5.5± 0.5 mg/L, HTU500 G ozone generator corona discharge type-AZCO Industries)
bubbled through a ceramic porous filter located at the bottom of the self-designed reactor (500 mL). NP
degradation by O3-NiO(F) was compared with O3-NiO(S) using 100 mg/L of NiO nanopowder <50 nm
Sigma-Aldrich, 99.0%.
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3.4. Analytical Methods

The monitoring of NP and oxalic acid (the main byproduct formed by the NP decomposition by
conventional ozonation) by HPLC was carried out in the Perkin Elmer Flexar equipment. The column for
the NP analysis was a Platinum C18 Alltech (250 mm× 4.6 mm) and 0.3 mL/min of water:acetonitrile 50:50
with a pH of 2.5 (phosphoric acid) as mobile phase. The separation followed at 240 nm. The byproducts
detection was made using a Prevail TM Alltech–Grace column (150× 4.6 mm and 5 μm). The mobile phase
was a 0.25 mM of KH2PO4 Buffer pH of 2.5 (phosphoric acid), the determination followed with 1.0 mL/min
at 210 nm. The mineralization degree was calculated using TOC data obtained by the Torch IQOQ Teledyne
Tekmar equipment by direct injection. All samples were previously filtered with membranes of 0.2 μm.

3.5. Mathematical Modeling and Parameter Estimation

To compare the NP removing efficiency enforced by the three studied methods, the NP ozonation
rate constants were determined. For this study, it is used as a simplified approximation of the kinetic
model based on pseudo-first-order dynamics. Then, with the data obtained from the decomposition
of NP by ozonation, one can propose a set of finite parameters that correspond to the reaction rate
constants. The following kinetic model considers the interaction between the measurable components
in the reaction (contaminant, byproducts and ozone).

It is known that the reaction of either molecular ozone or hydroxyl radicals with contaminants
satisfies a second-order kinetics, i.e.:

d
dt

cNP(t) = −
(
kNP,O3O3,l(t) + kNP,OHOH(t)

)
cNP(t), (1)

where kNP,O3 , min−1 is the reaction rate constant between ozone in the liquid phase O3,l , mole/L and
NP while kNP,OH is the reaction rate constant between hydroxide radicals OH, mole/L and NP.

Nevertheless, due to the interaction of ozone with the catalyst leading to the corresponding
formation of hydroxyl radicals, the explicit quantification of O3 and OH independently is a complex task
in the presence of NiO films. Therefore, in this case, we propose an alternative method to characterize
the decomposition of NP. Consider that k(t) = kO3O3(t) + kOHOH(t) is the pseudo-mono molecular
time dependent reaction rate parameter. Now, if one considers that kNP = maxt≥0k(t) it is feasible to
propose that the following mathematical structure is given by:

d
dt

cNP(t) = −kNPcNP(t), (2)

where cNP represents the concentration of the contaminant in time during the ozonation and kNP is
the kinetic constant associated with the decomposition rate of NP.

Using the differential equations representations of chemical processes and considering that advanced
oxidation processes can be sufficiently approximated by pseudo-first-order dynamics. The inherent
problem is the available information along with heterogeneous catalytic ozonation reaction. Usually,
available measurements along the reaction are concentrations of just a few chemical species including
the initial contaminant as well as its byproducts [46]. However, this information is not enough to get an
accurate estimation of the first-order reaction rates. Commonly, it is necessary to get estimates of the
contaminants’ decomposition velocity. With the aim of getting a precise estimation of such decomposition
velocity, a robust differentiation technique can be implemented.

Numerical differentiation is a well-studied topic in systems theory. The most common differentiation
technique is based on the Euler approximation [47]. However, this method is highly affected by noises in the
measurement. This manuscript proposes the application of the STA, which is a robust exact differentiator [48]
based on the sliding mode theoretical results. The advantages of this algorithm are its robustness against
parametric uncertainties that are common in the chemical process, well-posed discretization equivalents and
finite-time convergence. Therefore, by means of the STA, the reaction kinetics are obtained. With the

27



Catalysts 2020, 10, 884

concentration and the information provided by the STA, a least square regression is performed to
obtain a more accurate model representation of the heterogeneous catalytic ozonation.

STA [48] can determine the time derivative of a signal even in the presence of certain class of noises
and model uncertainties. The algorithm is given by the following set of differential equations

dCNP(t) = x2(t)− k1|x1(t)− CNP(t)|1/2sign(x1(t)− cNP(t))

ẋ1(t) = dcNP(t)

ẋ2(t) = −k2sign(x1(t)− cNP(t))

(3)

In Equation (3), dcNP is the actual time derivative of the concentration cNP(t), x1 and x2 are internal
variables, k1 and k2 are positive constants that define the rate of convergence and the quality of estimation
of the algorithm. The function sign(·) is defined as

sign(z) =

⎧⎪⎪⎨
⎪⎪⎩
−1 i f z < 0

∈ [−1, 1] i f z = 0

1 i f z > 0

(4)

Notice that
d
dt

cNP(t) = dcNP(t) when the algorithm has converged to the real concentration cNP(t),

the estimation error defined as x1(t)− cNP(t) is equal zero. Notice the necessity of applying the STA
differentiator as many times as the number of compounds identified along with the heterogeneous
catalytic ozonation characterization: one for the degradation of NP in the three experimental setups:
O3-conv, O3-NiO(S) and O3-NiO(F). The complete procedure to estimate the reaction rates is summarized
in the Algorithm 1.

Algorithm 1: Parameter estimation in the NP degradation by ozonation techniques
Data: NP concentration [cNP] during the ozonation process for each methodology
Result: Kinetic constant and model estimation for each methodology

for i ← 1 to 3 do

1. Data from HPLC study are stored in variable c̄NP;
2. An interpolation is made to enhance the data available for analysis −→ cNP;
3. The STA is explicitly discretized using Euler method (See the work in [47]);
4. The value of dNP(t) is the time derivative of cNP;
5. The maximum value of dNP(t) corresponds to the maximum reaction rate;
6. A LS method approximates the reaction model.
7. The approximated model is compared with the original data

end

/* The for cycle runs three times, one for each procedure (O3-conv, O3-NiO(S)

and O3-NiO(F). */

/* The LS method can be applied using the software Matlab® */

For further references, the theoretical background of the STA working as a differentiator can be
found in [47,48].

4. Conclusions

CVD method allowed the synthesis of thin NiO films (240 nm thick) with relevant catalytic characteristics
in NP degradation by ozone. NP elimination was carried out in five minutes of reaction with and
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without NiO (powder and film), due to its fast reaction with molecular ozone. The byproduct analysis
and TOC removal showed the catalytic activity of the NiO in the ozonation. The treatments with
100 mg/L of NiO(S) generated a TOC removal of 35% while in the presence of 10 films of NiO, TOC
removal increased 10% in comparison with O3-conv. However, NiO mass supported on the films was
close to a tenth of the NiO used in suspension. The reuse of films (4 cycles) attained similar TOC
removal in each cycle (22± 2.9%). This fact showed the stability of the catalyst films. Moreover, the
film characterization after ozonation demonstrated some changes in the surface morphology but XRD
and XPS patterns confirmed the crystalline stability. The results obtained suggest the possibility of
using the deposition of catalyst in the film form in the catalytic ozonation of recalcitrant pollutants
with the reduction of several detected disadvantages of the suspended catalyst (elimination and
reuse). This study also presented a simplified model characterizing the ozonation kinetics of NP.
A novel method yields to estimate a pseudo-monomolecular reaction rate constant which established a
comparison between the proposed ozonation of NP with (suspension and films) and without catalysts.
This model seems to offer a primary method to explain the reaction kinetics of ozone and NP in the
presence of NiO(F) as a catalyst.
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23. Wojcieszyńska, D.; Guzik, U. Naproxen in the environment: its occurrence, toxicity to nontarget organisms
and biodegradation. Appl. Microbiol. Biotechnol. 2020, 104, 1849–1857. [CrossRef]
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Abstract: There are active oxygen species that contribute to oxidative coupling or the partial oxidation
during the oxidative dehydrogenation of methane when using solid oxide catalysts, and those species
have not been definitively identified. In the present study, we clarify which of the active oxygen
species affect the oxidative dehydrogenation of methane by employing photo-catalysts such as TiO2 or
WO3, which generate active oxygen from UV-LED irradiation conditions under an oxygen flow. These
photo-catalysts were studied in combination with Sm2O3, which is a methane oxidation coupling
catalyst. For this purpose, we constructed a reaction system that could directly irradiate UV-LED to
a solid catalyst via a normal fixed-bed continuous-flow reactor operated at atmospheric pressure.
Binary catalysts prepared from TiO2 or WO3 were either supported on or kneaded with Sm2O3 in the
present study. UV-LED irradiation clearly improved the partial oxidation from methane to CO and/or
slightly improved the oxidative coupling route from methane to ethylene when binary catalysts
consisting of Sm2O3 and TiO2 are used, while negligible UV-LED effects were detected when using
Sm2O3 and WO3. These results indicate that with UV-LED irradiation the active oxygen of O2

− from
TiO2 certainly contributes to the activation of methane during the oxidative dehydrogenation of
methane when using Sm2O3, while the active oxygen of H2O2 from WO3 under the same conditions
afforded only negligible effects on the activation of methane.

Keywords: methane; oxidative dehydrogenation; active oxygen; UV-LED; TiO2; WO3; Sm2O3

1. Introduction

The conversion of methane to high value-added chemicals is an important issue in the field of
catalyst research. In recent years, research on the catalytic reaction of methane has been actively
conducted due to progress in the production technology of natural gas, which consists mainly of
methane gas [1–3]. Although methane has the potential for conversion to a variety of important
chemicals, its application as a raw material in catalytic reactions has been limited due to chemical
stability. Therefore, methane is still used mainly as fuel.

To overcome the stability problem, many researchers are studying the direct conversion of methane
to value-added chemicals such as methanol [4], carbon monoxide [5], ethylene [6], and aromatic

Catalysts 2020, 10, 559; doi:10.3390/catal10050559 www.mdpi.com/journal/catalysts

33



Catalysts 2020, 10, 559

compounds [7]. The direct conversion of methane is considered the most efficient way to use methane
gas because the desired product requires only a one-step catalytic reaction. In particular, the oxidative
coupling of methane (OCM) to ethylene and ethane has been the subject of much research over the
past three decades since these C2 hydrocarbons are the most widely used petrochemicals in the world.
In the OCM reaction, methane reacts with oxygen exothermically on a solid oxide catalyst to produce
these C2 hydrocarbons together with water [8]. It is generally accepted that gaseous oxygen and
active oxygen derived from a solid oxide catalyst could contribute to the oxidative conversion of
methane [9–11]. Furthermore, the OCM is believed to consist of both heterogeneous and homogeneous
reactions. First, in a heterogeneous reaction, active oxygen in the catalyst extracts hydrogen from
methane to generate methyl radicals. The methyl radicals are then dimerized to C2 hydrocarbons
by a homogeneous gas-phase reaction (Scheme 1) [12–15]. Contributions have been proposed from
active oxygen species such as O2

−, OH, H2O2, or 1O2 (singlet oxygen) together with gas-phase oxygen
(O2) or catalytic lattice oxygen (O2−), but exactly what kind of active oxygen species contribute to the
oxidative dehydrogenation of methane is yet to be clarified [16–21].

Scheme 1. Mechanism for the oxidative coupling of methane.

In the present study, we focused on the characteristics of photo-catalysts. Photo-catalysts such
as titanium oxide (TiO2) and tungsten oxide (WO3) activate oxygen when electrons (e−) are excited
by irradiation from an excitation light (UV-LED in the present study) and holes (h+) are sequentially
generated, which results in the formation of active oxygen (Scheme 2).

Scheme 2. Production of active oxygen species via UV irradiation of TiO2 and WO3.

Based on Scheme 2, the oxidative dehydrogenation of methane was studied via contact with
samarium oxide (Sm2O3; OCM-catalyst) and by examining the active oxygen species generated via
irradiating UV-LED irradiation of either TiO2 or WO3 (photo-catalyst) under a gaseous O2 atmosphere.
It is generally accepted that O2

- is generated from a one-electron reduction of TiO2, and H2O2 is
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generated from a two-electron reduction of WO3 [22]. When the active oxygen species derived from
either TiO2 or WO3 contacted Sm2O3 during the oxidative dehydrogenation of methane, the product
distribution was expected to depend on the presence or absence of UV-LED irradiation. The purpose
of this study was to confirm and clarify the contributions of each of the active oxygen species. It is
noteworthy that titanium and tungsten have been used as the active species in various catalysts for the
oxidative coupling of methane [23,24].

2. Results and Discussion

This study involved both mixed- and supported-catalysts that consisted of Sm2O3 together with
TiO2 or WO3. Based on our preliminary experiments, the loading of photo-catalysts such as TiO2

and WO3 was fixed at 5 wt.%. First, the mixed-catalyst activity using 5 wt.% TiO2 + Sm2O3 was
tested together with that of either Sm2O3 or TiO2. The specific surface areas of Sm2O3, TiO2, and 5
wt.% TiO2 + Sm2O3 were 7, 47, and 22 m2/g, respectively. Figure 1 shows the effect that UV-LED
irradiation exerted on the oxidative dehydrogenation of methane at T = 898 K; P(CH4) = 28.7 kPa;
and P(O2) = 2.03 kPa (P(CH4)/P(O2) = 14.2). Since stable catalytic activity was detected on all catalysts
used to the point of 4.5 h on-stream, the activity at 0.75 h on-stream was discussed in the present
study. As shown in Figure 1, UV-LED irradiation of Sm2O3 showed no advantageous effects on either
C2 yield or on the conversions of O2 and CH4, while CO selectivity was slightly changed from 9.4%
to 10.5% by the irradiation. A similar effect of UV-LED on TiO2 yielded CO selectivity of 83.8% to
85.2%. It should be noted that the conversions of CH4 and O2 were not influenced by the irradiation of
UV-LED due to the oxygen-limiting conditions. When adding 5 wt.% TiO2 into Sm2O3 (5 wt.% TiO2 +

Sm2O3), the unique nature of Sm2O3 that allows coupling with methane was mostly masked by the
nature of TiO2 that allows the partial oxidation of methane, and this resulted in a slight formation
of C2H6 on 5 wt.% TiO2 + Sm2O3. Furthermore, an evident improvement in CO selectivity of from
19.9% to 28.9% was detected followed by a suppression of CO2 selectivity of from 78.6% to 67.2% after
UV-LED irradiation of the mixed-catalyst. It should be noted that C2H6 selectivity was also slightly
improved from 1.5% to 3.9% via UV-LED irradiation using 5 wt.% TiO2 + Sm2O3. Therefore, O2

−
generated via the UV-LED irradiation of TiO2 under a gaseous O2 atmosphere seemed to contribute to
the acceleration of the partial oxidation of CH4 to CO together with the oxidative dehydrogenation
of CH4 to C2H6. No enhancement was detected from either the partial oxidation or the oxidative
dehydrogenation of methane using 5 wt.% TiO2 + Sm2O3 via UV-LED at a P(O2) as high as 4.05 kPa,
which indicated that the presence of large amounts of reactant oxygen may obliterate the effects of O2

−
due to the small amount of active oxygen.

Figure 2 shows the effect of UV-LED irradiation on the oxidative dehydrogenation of methane
over Sm2O3, WO3, and 5 wt.% WO3 + Sm2O3 as a mixed-catalyst under the same reaction conditions
as those used for obtaining the results shown in Figure 1. The specific surface areas of WO3 and
5 wt.% WO3 + Sm2O3 were 5 and 6 m2/g, respectively. As shown in Figure 2, WO3 produced CO alone
via partial oxidation of methane regardless of the use of UV-LED irradiation while O2 conversion
was increased from 6% to 13%. In the present case, the addition of 5 wt.% WO3 into Sm2O3 did not
completely mask the unique nature of Sm2O3 in the oxidative coupling of methane. The effects of
UV-LED irradiation on the catalytic activity of 5 wt.% WO3 + Sm2O3 were rather small. Slight decreases
were detected for CH4 conversion, C2 yield, C2H6 selectivity, CO selectivity, and CO2 selectivity
together with slight increases in O2 conversion and C2H4 selectivity that ranged from 12.2% to 12.9%.
Therefore, the effect of H2O2 generated by UV-LED irradiation on WO3 under a gaseous O2 atmosphere
could have been negligible while those of H2O2 seemed to slightly contribute to an acceleration of the
oxidative dehydrogenation of C2H6 to C2H4.
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Figure 1. Effect of UV-LED irradiation on the oxidative dehydrogenation of methane when using
Sm2O3, TiO2, and 5 wt.% TiO2 + Sm2O3.
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Figure 2. Effects of UV-LED irradiation on the oxidative dehydrogenation of methane when using
Sm2O3, WO3, and 5 wt.% WO3 + Sm2O3.

An effect from UV-LED irradiation was not evident when using mixed-catalysts. Therefore,
supported-catalysts were used in the present study. In Figure 3, the use of UV-LED irradiation on
the oxidative dehydrogenation of methane when using 5 wt.% TiO2 + Sm2O3 and 5 wt.% WO3 +

Sm2O3 mixed-catalysts is compared with the results over 5 wt.% TiO2/Sm2O3 and 5 wt.% WO3/Sm2O3

supported-catalysts under the same reaction conditions as those used to obtain the results shown
in Figures 1 and 2. The specific surface areas of supported-catalysts 5 wt.% TiO2/Sm2O3 and 5 wt.%
WO3/Sm2O3 were 9 and 6 m2/g, respectively. Figure 3 compares the effect of UV-LED irradiation using
5 wt.% TiO2 + Sm2O3 with that using 5 wt.% TiO2/Sm2O3, and the effect was more evident when using
the supported catalyst. For example, CH4 conversion, C2 yield, C2H4 selectivity, C2H6 selectivity,
and CO selectivity when using the supported catalyst all were enhanced by UV-LED irradiation from
3.6%, 0.3%, 0.0%, 9.0%, and 26.5% when using 5 wt.% TiO2 + Sm2O3 to 5.6%, 0.7%, 2.4%, 10.0%,
and 47.7% when using 5 wt.% TiO2/Sm2O3. By contrast, during deep oxidation, CO2 selectivity was
suppressed by UV-LED irradiation from 64.4% to 39.8%. It is noteworthy that the catalytic activity on
the 5 wt.% TiO2 + Sm2O3 catalyst (Figure 3) was higher than that of TiO2 itself, because activities such
as the methane conversion and C2 selectivity on Sm2O3 were higher than that on TiO2, as shown in
Figure 1. As shown in Figure 3, the conversions of both CH4 and O2 were insensitive to the irradiation
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of UV-LED due to the oxygen-limiting conditions. It was evident that UV-LED irradiation enhanced
the formation of C2 compounds and CO and suppressed the deep oxidation to CO2. A comparison of
the activity when using 5 wt.% WO3 + Sm2O3 with the use of 5 wt.% WO3/Sm2O3 revealed a negligible
effect from UV-LED. Additionally, an increase in C2H4 selectivity from 0.0% to 1.2% by UV-LED was
detected when using 5 wt.% WO3/Sm2O3, which was similar to the use of 5 wt.% WO3 + Sm2O3,
as shown in Figure 2.
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Figure 3. Comparison of the effects of UV-LED irradiation of the oxidative dehydrogenation of methane
when using 5 wt.% TiO2 + Sm2O3, 5 wt.% TiO2/Sm2O3, 5 wt.% WO3 + Sm2O3, and 5 wt.% WO3/Sm2O3.

Based on Figure 3, the effect of UV-LED irradiation was more evident when using the
supported-catalysts than when the mixed-catalysts were used. Table 1 summarizes the effect of
UV-LED irradiation on the selectivities for CO, CO2, C2H4, and C2H6 obtained from the oxidative
dehydrogenation of methane over the mixed- and supported-catalysts using the data shown in Figure 3.
The positive values in Table 1 indicate that the selectivity for each product was enhanced by UV-LED
irradiation, while the negative values indicate that the selectivity was suppressed. Values less than 1.0
in Table 1 indicate that UV-LED irradiation had little effect on the corresponding selectivity.

Table 1. Effect of UV-LED irradiation on the selectivity for each of the products when using the binary
catalysts in the present study.

Catalyst
ΔCO

Selectivity [%]
ΔCO2

Selectivity [%]
ΔC2H6

Selectivity [%]
ΔC2H4

Selectivity [%]

5 wt.% TiO2 + Sm2O3 9.0 −11.4 2.4 Not detected
5 wt.% TiO2/Sm2O3 21.2 −24.6 1.0 2.4

5 wt.% WO3 + Sm2O3 −0.3 −0.1 −0.2 0.7
5 wt.% WO3/Sm2O3 −0.7 −0.5 0.0 1.2

Although the effect of UV-LED irradiation was not evident for either 5 wt.% WO3 + Sm2O3 or
5 wt.% WO3/Sm2O3, Table 1 is used here to discuss the effects of UV-LED irradiation. Active oxygen
such as O2

− is generated when using both 5 wt.% TiO2 + Sm2O3 and 5 wt.% TiO2/Sm2O3 due to the
presence of TiO2 in the binary catalysts [22]. When using these catalysts, the selectivities for CO, C2H6,
and/or C2H4 were improved by UV-LED irradiation, while the selectivity for CO2 was suppressed.
Therefore, the formation of O2

− by UV-LED when using the binary catalysts seems to have contributed
to an enhancement of the formation of partial oxidation products, while the deep oxidation production
of CO2 was suppressed. When using 5 wt.% WO3 + Sm2O3 and 5 wt.% WO3/Sm2O3, active oxygen
such as H2O2 is generated due to the presence of WO3 in the binary catalysts [22]. Although the effect
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of UV-LED irradiation was rather small or negligible when using these catalysts compared with that
when using TiO2-loading catalysts, a small but rather negligible enhancement of the selectivity to C2H4

was detected with the use of 5 wt.% WO3 + Sm2O3 and 5 wt.% WO3/Sm2O3. Therefore, the formation
of H2O2 from UV-LED when using these binary catalysts may slightly contribute to the oxidative
dehydrogenation of C2H6 to C2H4. Based on these results, it is possible to summarize the influence
that active oxygen species exert on the present catalyst system, as shown in Scheme 3.

Scheme 3. Proposed contribution of active oxygen in the present binary catalysts.

The active oxygen of O2
- that formed when using TiO2 + Sm2O3 and TiO2/Sm2O3 contributed to

the positive effect for the formations of CO, C2H6, and C2H4 together with a suppression of the deep
oxidation of C2H4 to CO and CO2. Furthermore, as shown in the results for TiO2, the O2

− formed
on TiO2 alone directly contributed to the partial oxidation of CH4 to CO. The active oxygen of H2O2

that formed when using both 5 wt.% WO3 + Sm2O3 and 5 wt.% WO3/Sm2O3 showed a negligible
contribution to the conversion of C2H6 to C2H4 via oxidative dehydrogenation. It should be noted that
H2O2 is an active species for other partial oxidations such as the epoxidation of alkenes. Therefore,
the WO3 system may be one of the most plausible candidates for the epoxidation of alkenes under
UV-LED irradiation. Gaseous O2 is the main contributor to the deep oxidation to CO2.

Finally, the catalysts used in the present study were analyzed using XRD. XRD patterns of
the single oxides of Sm2O3 and WO3 were matched to the reference patterns for the corresponding
oxide (PDF 01-078-4055 and 01-083-0950, respectively; not shown). For 5 wt.% WO3 + Sm2O3 and
5 wt.% WO3/Sm2O3, the XRD peaks due to Sm2O3 were detected alone (not shown). As shown in
Figure 4A, before the reaction, TiO2 was a mixture of anatase- and rutile-type TiO2 (PDF 00-064-0863
and 01-086-0148, respectively). The anatase-type remained after the reaction, regardless of the UV-LED
irradiation. Furthermore, Figure 4B,C shows that 5 wt.% TiO2 + Sm2O3 and 5 wt.% TiO2/Sm2O3

contained a trace amount of anatase-type TiO2 together with Sm2O3 before the reaction. However,
after the reaction with and without UV-LED irradiation, peaks due to Sm2O3 were detected together
with a trace amount of anatase-type TiO2. Based on these XRD results, we concluded that anatase-type
TiO2 remained during the reaction and the effect of UV-LED on the reaction came from the contribution
of the anatase-type TiO2 [25].
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Figure 4. XRD of (A) TiO2, (B) 5 wt.% TiO2 + Sm2O3, and (C) 5 wt.% WO3/Sm2O3. Upper—before the
reaction. Middle and lower—after the reaction without and with UV-LED.

3. Materials and Methods

Mixed-catalysts (TiO2 + Sm2O3 and WO3 + Sm2O3) were prepared via the kneading of Sm2O3

(Wako Pure Chemical Industries, Ltd., Osaka, Japan) with either TiO2 (JRC-TIO-15, a reference catalyst
supplied from The Catalysis Society of Japan, Tokyo, Japan) or WO3 (Wako Pure Chemical Industries,
Ltd.) for 30 min. For the preparation of 5 wt.% TiO2 + Sm2O3, 0.018 g of TiO2 was kneaded with
0.350 g of Sm2O3 for 30 min. Supported-catalysts (TiO2/Sm2O3 and WO3/Sm2O3) were prepared via
impregnation. The preparation of 5 wt.% TiO2/Sm2O3 began with 20 mL of 2-propanol (Wako Pure
Chemical Industries, Ltd.)) into which we dissolved 0.592 g of titanium tetraisopropoxide (Wako Pure
Chemical Industries, Ltd.) and 3.00 g of Sm2O3, followed by the further addition of 35 mL of distilled
water. The resultant suspension was then evaporated and dried at 333 K for 24 h. Finally, the resultant
solid was calcined at 973 K for 3 h. The preparation of 5 wt.% WO3/Sm2O3 began with 20 mL of aqueous
solution into which we dissolved 0.174 g of ammonium (para)tungstate hydrate (Sigma-Aldrich Japan
Co. LLC, Tokyo, Japan) and 3.00 g of Sm2O3. The resultant suspension was treated in a manner
similar to the preparation of TiO2/Sm2O3. In order to analyze those catalysts, X-ray diffraction (XRD)
patterns were obtained using a SmartLab/R/INP/DX (Rigaku Co., Osaka Japan) with a Cu Kα radiation
monochromator at 45 kV and 150 mA. In order to estimate the specific surface areas of those catalysts
via BET, nitrogen adsorption isotherms of the catalysts pretreated at 473 K for 5 h were measured using
a BELSORPmax12 (MicrotracBEL, Osaka, Japan) at 77 K.

The catalytic experiments were performed in a fixed-bed continuous-flow quartz reactor, which
was placed in an electric furnace with an optical window, and operated at atmospheric pressure and
898 K (Scheme 4). As a light source for UV-LED irradiation, a Lightningcure LC-L1V3 (Hamamatsu
Photonics K.K., Shizuoka, Japan) was used. This light source emits UV light at a wavelength of
365 nm for an average maximum irradiation intensity of 14,000 mW/cm2 and a maximum output of
450 mW, which is sufficient for the activation of O2 when using TiO2 and WO3 under the present
reaction conditions.

The temperature of the catalyst (0.350 g and 0.368 g for single and binary oxide catalysts,
respectively) was increased to 898 K under a flow of He. After the reaction temperature was stabilized,
the catalyst was treated with a flow of O2 (15 mL/min) for 1 h. Activity tests were then carried
out under 15 mL/min of a reactant gas flow that consisted of CH4 and O2 diluted with He. In the
present study, partial-pressure ratios of 7.1 and 14.2 were employed for CH4/O2, and the partial
pressures were then adjusted to P(CH4)/P(O2) = 28.7 kPa/4.05 kPa and 28.7 kPa/2.03 kPa. Under these
conditions, homogeneous reactions were not detected. The reaction was monitored using an on-line
gas chromatograph (GC-8APT, Shimadzu Corp., Kyoto, Japan) that involved the use of a thermal
conductivity detector (TCD). The columns in the TCD-GC consisted of a Molecular Sieve 5A (0.3 m
× Φ 3 mm) for the detection of O2, CO, and CH4 at 318 K and a Porapak Q (6 m × Φ 3 mm) for the
detection of CO2, C2, and C3 species at the column temperatures between 318 and 493 K with a heating
rate of 10 K/min. The conversion and the selectivity were estimated on a carbon basis.
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Scheme 4. Fixed-bed continuous-flow quartz reactor with UV-LED.

4. Conclusions

In order to investigate the active oxygen effect that O2
− and H2O2 exert on the catalytic oxidative

dehydrogenation of methane, binary oxide consisting of Sm2O3, which is an oxidative coupling catalyst
for methane, and TiO2 or WO3, which generate O2

− or H2O2, respectively, when irradiated with
UV-LED, were prepared using kneading and impregnation methods. Regardless of the preparation
methods, O2

− generated from TiO2 under UV-LED irradiation promoted the partial oxidation of
methane to CO and oxidative conversion to C2 compounds, while it suppressed complete oxidation to
CO2. By contrast, regardless of the preparation methods, H2O2 generated from WO3 under UV-LED
irradiation had no evident effect on the oxidation of methane. It is noteworthy that the use of MgO
instead of Sm2O3 had no effect on the results of UV-LED irradiation. Therefore, it is suggested that
the use of any oxide catalyst with great redox properties equal to those of Sm2O3 would produce the
above-mentioned advantageous effects via UV-LED irradiation.
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Abstract: In this work, hexagon-shaped potassium ferrite (K2Fe4O7) crystals with different sizes
were prepared using the hydrothermal method. The crystals showed a narrow band gap of 1.44 eV,
revealed by UV-visible diffuse reflectance spectroscopy, and was thus used as a heterogeneous Fenton
catalyst to degrade methylene blue (MB) and crystal violet (CV) in the presence of green oxidant
H2O2 under visible-light irradiation. Among the investigated crystals, the as-prepared one with an
average size of 20 μm (KFO-20) exhibited better photocatalytic activity due to its high surface area.
When it was used as a photo-Fenton catalyst, 100% MB and 92% CV were degraded within 35 min.
Moreover, the catalyst maintained high photocatalytic activity and was stable after four continuous
cycles. The trapping experiments showed that the active hydroxyl radical (·OH) was dominant in
the photo-Fenton reaction. Therefore, this new photo-Fenton catalyst has great potential for the
photocatalytic degradation of dye contaminants in water.

Keywords: K2Fe4O7; visible light; Fenton catalyst; degradation; methylene blue and crystal violet

1. Introduction

Dyes are widely used in many industries, including textiles, printing, pulp, and paper. However,
they also cause great environmental pollution that threatens public health due to their complicated
constitution and high chemical stability. With the rapid development of the global economy, it is
estimated that each year almost 2 × 105 tons of dyes are discharged directly into lakes, rivers, and
groundwater [1–4]. Therefore, dye treatment in water systems is increasingly important.

Over the past few decades, many wastewater-treatment technologies have been developed for the
removal or degradation of dye contaminants, such as traditional biological treatments, adsorption,
coagulation/flocculation, membrane separation, precipitation, ion exchange, and advanced oxidation
processes (AOPs). Among these methods, AOPs that include photochemical, catalytic, sonochemical,
ozone, electrochemical, and Fenton oxidation can convert or degrade such contaminants into small
molecules [5–7]. In particular, photo-Fenton oxidation has been proven to be highly effective for dye
treatments [8,9]. However, homogeneous photo-Fenton technology exhibits limitations such as loss
of catalysts and large iron sludge. To overcome these drawbacks, one potential strategy is using
heterogeneous photo-Fenton catalysts to degrade dye contaminants. So far, several iron oxides and
iron hydroxides utilised as photo-Fenton catalysts, such as Fe3O4, α-Fe2O3, α-FeOOH, and β-Fe2O3,
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have been used to catalyse or degrade various kinds of dye molecules due to their good photocatalytic
activity, stable structure, and narrow band gap [10–14]. The catalytic activity of metal oxides is closely
related to the crystal orientation, crystallinity, nanostructure, morphology, particle size, and surface
properties of the material [15–20]. To further enhance their catalytic activity, some with nanometre
sizes were prepared using nanotechnology [11,21,22]. Other transition metals were introduced into
their structure to improve their catalytic activity [23–27]. Recently, iron oxide and carbon composites
have also been used to effectively degrade organic dyes [28–33].

At present, there is an urgent need for low-cost, resource-friendly, stable iron-based heterogeneous
Fenton catalysts for the degradation of dye contaminants in wastewater. The Fenton catalytic properties
of iron oxides are strongly dependent on the crystal structural characters, band gap, and oxidation
states of iron ions at octahedral and tetrahedral sites. All of the iron oxides mentioned above are
constructed from iron octahedral and tetrahedral unites, and adopt either corundum or spinel structures.
The search for an iron-based heterogeneous photo-Fenton catalyst with a new crystal structure is a
key step towards more effectively degrading dye contaminants. Recently, we successfully synthesised
potassium ferrite (K2Fe4O7) using the hydrothermal process [34]. This environmentally friendly iron
oxide exhibited superhigh ion conductivity and excellent thermal stability. Its 3D structure consisted
of octahedral FeO6 and tetrahedral FeO4 with shared vertices and edges. Therefore, the structure
may be developed for use as a powerful candidate for a heterogeneous photo-Fenton catalyst for the
degradation of dye molecules.

In this work, we prepared the hexagonal K2Fe4O7 crystals with different sizes using the
hydrothermal method. Its band gap was determined by UV-visible diffuse reflectance spectroscopy.
Methylene blue (MB) and crystal violet (CV) were selected as models to evaluate the catalytic activity of
this iron oxide under photo-Fenton conditions. We then studied the effect of pH value, the concentration
of hydrogen peroxide, and particle size on MB degradation. We also evaluated the reusability and
stability of the catalyst.

2. Results and Discussion

2.1. Characterisation

SEM images of KFO-20 (Figure 1 a, b), KFO-80 (Figure 1 c, d), and KFO-180 (Figure 1 e, f) show
that the obtained K2Fe4O7 crystals each had the same hexagonal shape and smooth surface except for
crystal size. The powder XRD patterns of KFO-20, KFO-80, and KFO-180 are shown in Figure 2, where
it is clear that all diffraction peaks were consistent with that of K2Fe4O7 reported previously [34]. This
indicates that each sample’s structure remained intact and was in a pure phase. Studies showed that,
as a result of higher crystallinity, there were fewer lattice defects, which are more conductive to the
conduction of the charge carrier. This result is consistent with photoluminescence (PL).

 
Figure 1. SEM images of (a, b) KFO-20, (c, d) KFO-80, and (e, f) KFO-180.
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Figure 2. Powder XRD patterns of KFO-20, KFO-80, and KFO-180.

The band gaps of three samples were determined by UV-visible diffuse reflectance spectroscopy
measurement. They exhibited the same broad absorption with an absorption edge at about 858 nm
(Figure 3a). Band-gap energy was calculated as 1.44 eV according to the equation Eg = hc/λ, where Eg is
the energy band gap (eV) and hc = 1240 eV [35]. This narrow band gap was less than those of Fe3O4 [14],
α-Fe2O3 [12], α-FeOOH [12], and NiFe2O4 [11], and was thus a favourable candidate to effectively
degrade dye molecules in photo-Fenton catalytic processes under low-energy visible-light irradiation.
The comparison of various catalytic systems for MB degradation under different photo-Fenton processes
is shown in Table 1.

Figure 3. (a) UV-visible diffuse reflectance spectroscopy; (b) XPS spectra of Fe 2p1/2 and Fe 2p3/2

for KFO-20 and KFO-180; (c) N2 adsorption–desorption isotherms measured at 77K of KFO; and
(d) photoluminescence (PL) spectra of KFO.
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Table 1. Comparison of various catalytic systems for methylene blue (MB) degradation under different
photo-Fenton processes.

Catalyst Reaction Condition Degradation Rate Time Reference

NiFe2O4
[Catalyst] = 0.2 g/L, [H2O2] = 5 mM,
[MB] = 30 mg/L and light irradiation 98.5% 50 min [11]

Fe3O4
[Catalyst] = 4 g/L, [H2O2] = 50 mM,

[MB] = 100 mg/L, and UV irradiation 20% 60 min [14]

α-Fe2O3

[Catalyst] = 0.025 g/L,
[H2O2] = 1.10 mM, [MB] = 40 mg/L

and UV irradiation
94.7% 80 min [12]

CuFe2O4
[Catalyst] = 0.1 g/L, [H2O2] = 20 mM,
[MB] = 30 mg/L and light irradiation 80% 80 min [36]

ZnO [Catalyst] = 0.02 g/L, [H2O2] = 5 mM,
[MB] = 20 mg/L and light irradiation 4.1% 60 min [37]

TiO2
[Catalyst] = 1.0 g/L, [MB] = 50 mg/L

and light irradiation 30% 60 min [38]

K2Fe4O7
[Catalyst] = 0.03 g/L, [H2O2] = 5 mM,
[MB] = 20 mg/L and light irradiation 100% 35 min This article

The XPS spectra of KFO-20 and KFO-180 are shown in Figure 3b. There were two obvious peaks
with binding energies of 724.2 and 711.3 eV, which corresponded, respectively, to Fe 2p1/2 and Fe
2p3/2. XPS results were in good agreement with those of the reported crystal [34], suggesting that the
oxidation state of iron ion in the as-prepared KFO was +3.

The Brunauer-Emmett-Teller (BET) surface area was measured via nitrogen adsorption–desorption
experiments. As shown in Figure 3c, the adsorption–desorption isotherms of KFO corresponded to
Type IV on the basis of the Brunauer-Deming-Teller classification [39,40]. The specific surface area of
KFO-20, KFO-80, and KFO-180 was 63.79, 9.63, and 0.42 m2/g, respectively, which increased with the
decrease of particle size. In this work, we found that crystallinity contributed little to MB degradation
comparing to the specific surface area.

The photoluminescence (PL) spectrum was used to investigate the recombination behaviour of
photogenerated electrons and holes in KFO-20, KFO-80, and KFO-180. The PL emission spectra of
the three crystals at an excitation wavelength of 475 nm are shown in Figure 3d. A strong peak near
820 nm caused by the band–band PL phenomenon was observed, which was approximately equal
to the band-gap energy of KFO (1.44 eV). However, peak intensity decreased with the decrease of
crystal size due to shorter diffusion distance, suggesting that KFO-20 with a lower recombination rate
of photogenerated electron-hole pair was expected to have higher photocatalytic activity.

2.2. Photo-Fenton MB Degradation

We first selected KFO-20 as a Fenton catalyst to perform the degradation of MB at pH = 2, 20 mg/L
of MB at room temperature in the absence and presence of visible light, and with or without hydrogen
peroxide. Degradation results are shown in Figure 4a. With visible-light radiation in the presence of
KFO-20 and H2O2 (curve A), 100% of the MB was degraded within 35 min. However, under darker
conditions, 46% of the MB was degraded within the same timeframe (curve B), indicating that its
Fenton catalytic activity was significantly enhanced by introducing visible light. Only 12% of MB
was degraded when the catalyst was not employed due to the self-sensitisation of MB (curve C). MB
concentration had no apparent change when without hydrogen peroxide (curve D), confirming that
MB degradation was attributed to the photo-Fenton process. The catalytic activity of the catalyst
was superior to conventional photo-Fenton catalysts mentioned above [11–14]. Therefore, it can be
concluded that the excellent catalytic activity of this iron oxide is assigned to its structural feature and
the nature of the iron ion.

45



Catalysts 2020, 10, 293

Figure 4. (a) Degradation efficiency of methylene blue (MB) under different conditions. A: MB +
KFO-20 + H2O2 + light; B: MB + KFO-20 + H2O2; C: MB + H2O2 + light; D: MB + KFO-20 + light;
(b) degradation efficiency of MB using KFO catalysts with different sizes; (c) degradation efficiency of
MB at different pH values; (d) degradation efficiency of MB at various H2O2 concentrations. Reaction
conditions: MB concentration, 20 mg/L; KFO mass, 30 mg; H2O2, 10 mM; reaction time, 35 min.

2.2.1. Effect of Catalyst Size

In general, the catalytic activity of heterogeneous Fenton catalysts was proportional to their
specific surface area. A larger specific surface area can provide more active sites for a photo-Fenton
catalytic process. Therefore, we investigated the effect of different KFO sizes on the degradation of MB
under the same conditions. As shown in Figure 4b, about 34% and 24% of degradation were achieved
within 35 min for KFO-80 and KFO-180, respectively, due to their different specific surface areas, which
was consistent with the results of BET surface-area measurements.

2.2.2. Effect of pH Value

The Fenton oxidation reaction was sensitive to the pH value of the reacting solution. Therefore,
the effect of the initial pH value on the degradation of MB (20 mg/L) was investigated by using the
KFO-20 photo-Fenton catalyst. Figure 4c gives the removal efficiency of MB at different pH values
within 35 min. At pH = 1.5, about 98% of MB degradation was obtained, and 100% of MB was degraded
when we increased the pH value to 2.0 because excess H+ acted as a scavenger for the hydroxyl radical
(·OH), as shown in Equation (1) [40]. As pH value increased, the removal percentage decreased to 90%
at pH = 2.5. Therefore, the photo-Fenton catalyst can be used to effectively degrade MB in the pH
range of 1.5–2.5.

·OH + H+ + e− → H2O (1)

2.2.3. Effect of H2O2 Dose

In the heterogeneous Fenton reaction, redox cycling between Fe3+ and Fe2+ was achieved by
H2O2. Figure 4d shows the effect of the H2O2 concentration on MB degradation in the presence of the
KFO-20 catalyst and visible light. MB degradation increased to 100% when the molar concentration of
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H2O2 increased from 2 to 10 mM. This could be due to the formation of much ·OH in the photo-Fenton
reaction (Equation (2)) [41]. However, 98% of MB was degraded at the concentration of 15 mM, because
hydroperoxyl radicals (HO·) that were generated through excessive H2O2 reacting with the ·OH did not
contribute to MB degradation (Equations (3)–(5)) [40,42–46]. This scavenging effect has been observed
in many photo-Fenton processes.

H2O2 + hv→ 2·OH (2)

H2O2 + ·OH→ H2O + H2O (3)

H2O2 + HO2· → OH + H2O + O2 (4)

H2O + HO· → H2O + O2 (5)

2.2.4. Dynamic Degradation

In the photo-Fenton reaction system, a pseudo-first-order kinetic constant model was used to
quantitatively evaluate the photocatalytic process. The rate constant was obtained by plotting −ln
(C/C0) versus time, as shown in Figure 5a, where C0 and C are the initial concentration and the
concentration at time t, respectively. The specific surface area S (m2/g), rate constant, and k (min−1)
of KFO are shown in Table 2. The rate constants of KFO-20, KFO-80, and KFO-180 were 0.155, 0.007
and 0.006 min−1, respectively. The rate constant of KFO-20 was 26 times that of KFO-180, and the rate
constant of the catalyst increased with the increase of specific surface area.

Figure 5. (a) Pseudo-first-order kinetics degradation of MB; (b) total organic carbon (TOC) removal of
MB in presence of differently sized KFOs. Reaction conditions: MB concentration, 20 mg/L; KFO mass,
30 mg; H2O2, 10 mM; reaction time, 35 min.

Table 2. KFO specific surface area S (m2/g) and rate constant k (min−1).

S (m2/g) k (min−1)

KFO-20 63.79 0.155
KFO-80 9.63 0.007

KFO-180 0.42 0.006

2.2.5. Total Organic Carbon

In order to determine the degree of mineralisation of MB, the total organic carbon (TOC) removal
rates of different KFO sizes were measured using MB as a substrate under the same conditions
(Figure 5b). The removal rate of TOC increased with the decrease of KFO sizes. The removal rate of
KFO-20 reached 80.5%, which indicated that the KFO-20 effectively mineralised MB.

2.2.6. Universal Applicability of Catalyst

In order to evaluate the photo-Fenton KFO catalysts for other types of dye degradation under
the same conditions, experiments of crystal violet (CV) degradation were carried out using catalysts
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with different sizes. As shown in Figure 6a, KFO-180 and KFO-80 did not produce high degradation
efficiency within 35 min. However, 92% of CV was degraded by KFO-20. On the basis of the
aforementioned results, the KFO-20 catalyst displayed the best photo-Fenton catalytic activity.

Figure 6. (a) Degradation efficiency of crystal violet (CV) with KFO catalysts at pH 2; (b) effects of
different scavengers on MB degradation at pH 2 in presence of KFO-20, H2O2, and light.

2.2.7. Trapping Experiments

To determine active species that were dominant for the degradation of MB, several scavengers,
including 10 mmol/L of p-benzoquinone (BQ), ammonium oxalate (AO), tertiary butyl alcohol (t-BuOH),
and silver nitrate (AgNO3), were used to trap these active species; results are shown in Figure 6b. BQ
could trap the superoxide anion (·O2

−). When BQ was added into the solution, 100% of the MB was
degraded within 35 min, indicating that the ·O2

− radical has little contribution to the degradation
process. After t-BuOH was added as an ·OH scavenger, the degradation rate of the MB was 45%, and
the degradation process was significantly inhibited. This indicated that the ·OH radical played a key
role in the degradation process. When AO and AgNO3 were used to capture h+ and e−, respectively,
55% and 82% of the MB were degraded. The difference between them came from the contribution of
additional ·OH radicals generated by photogenerated holes reacting with H2O2 (Equation (2)).

2.3. Possible Photo-Fenton Catalytic Mechanism

On the basis of the above experiment results, we proposed the photo-Fenton catalytic mechanism
of KFO. The decomposed H2O2 and generated hydroxyl radicals on the surface of KFO particles can
be described in the following reactions (Equations (2)–(7)). Fe3+ was reduced by adsorbed H2O2

to generate Fe2+ and peroxide hydroxyl radicals (HOO·) on the surface of a catalyst (Equation (6)).
Meanwhile, HOO· reacted with hydrogen peroxide in an aqueous solution to produce a highly active
hydroxyl radical (·OH) (Equation (4)). The generation of ·OH, which can efficiently degrade organic
compounds in photo-Fenton-like reactions, can be described through the reaction between the formed
Fe2+ and H2O2 (Equation (7)). Under visible-light irradiation, electron-hole pairs were generated on the
surface of KFO (Equation (8)). Subsequently, the photogenerated electrons reduced hydrogen peroxide
and reacted with dissolved oxygen to produce HO·, HO−, and ·O2

− (Equations (9) and (10)) [44,45,47,48].
Additional ·OH were generated by photogenerated holes that reduced water and hydrogen peroxide
(Equations (11) and (12)) [44,45,47,48]. Scheme 1 gives a graphical representation of photo-Fenton
MB degradation.

Fe3+ + H2O2 → Fe2+ + HO2·+ H+ (6)

Fe2+ + H2O2 → Fe3+ + HO·+ OH− (7)

KFO + hv→ KFO (h+ + e−) (8)

e− + H2O2 → HO− + HO (9)

e− + O2 → O2
− (10)
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h+ + H2O→ H+ + HO (11)

h+ + HO− → HO (12)

HO· +MB→ degradation products (13)

h+ +MB→ degradation products (14)

Therefore, HO· and the h+ hole dominantly oxidised the MB molecule (Equations (13) and (14)).

 
Scheme 1. MB degradation by KFO-20.

2.4. Reusability and Chemical Stability

From the view of industrial applications, a catalyst’s chemical stability and reusability are both
important. To evaluate the possibility of catalyst reuse, photo-Fenton reaction for MB degradation was
successively performed using the KFO-20 catalyst (measurements are described in Supplementary
Materials). As exhibited in Figure 7a, it is clearly seen that the catalytic activity of KFO-20 still
remained efficient after four cycles under the same conditions. Moreover, after the reaction, the
surface morphology of KFO-20 was almost indistinguishable from that of a fresh KFO-20 (Figure 7b).
In addition, the powder XRD pattern of the used sample agreed with that of the as-prepared sample
(Figure S1), suggesting that it had good chemical stability.

Figure 7. (a) Degradation efficiency of MB for KFO-20 at different cycles; (b) SEM image for KFO-20
after four successive cycles.

3. Materials and Methods

3.1. Materials

Analytical-grade ferric nitrate (FeNO3·9H2O), potassium hydroxide (KOH), sodium hydroxide
(NaOH), barium sulfate (BaSO4), ammonium oxalate (AO), and hydrogen peroxide (H2O2) were
purchased from Sinopharm Chemical Reagent Co., Ltd. (Changchun, China). P-benzoquinone (BQ)
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was supplied by Aladdin Ltd. (Changchun, China). Methylene blue (MB) and crystal violet were
obtained from Xinzhong Chemical Reagent Co., Ltd. (Changchun, China). Tertiary butyl alcohol
(t-BuOH) and hydrochloric acid (HCl) were acquired from Shanghai Runjie Chemical Reagent Co., Ltd.
(Shanghai, China). Silver nitrate (AgNO3) was purchased from Shanghai Chemical Reagent Co., Ltd.
(Shanghai, China). Potassium bromide was obtained from Shanghai Macklin Biochemical Co., Ltd.
(Changchun, China). All chemicals could be directly used without further treatment.

3.2. Preparation

KFO-20 was prepared using the hydrothermal process on the basis of our ever-reported method [34].
First, we added 4 g of ferric nitrate into 32 mL of deionised water to form a clarifying solution. We slowly
added 60 g of potassium hydroxide into a ferric nitrate solution while stirring continuously until the
colour became light brown. The mixture was directly added into a Teflon-lined stainless-steel autoclave
and heated at 180 oC for 2 h. After cooling down to room temperature, the crystal was washed 10 times
with deionised water until its pH was neutralised. The crystal was then dried overnight in a vacuum
drying oven at 60 oC. The preparation method of K2Fe4O7 with average sizes of 80 (KFO-80) and
180 μm (KFO-180) can be found in our supporting information.

3.3. Material Characterisation

Powder XRD experiments were performed on a Rigaku D-Max 2550 diffractometer (Tokyo,
Japan) with Cu-Kα radiation (λ = 1.5418 Å). SEM images were obtained on a JEOL-6700 scanning
electron microscope (Tokyo, Japan). UV-visible diffuse reflectance spectroscopy was performed with a
Shimadzu UV-2450 spectrometer (Kyoto, Japan) XPS analysis was performed on a VG Scienta R3000
spectrometer (New York, N. Y., USA) with Al Kα (1486.6 eV) as the X-ray source.

3.4. MB Degradation

The degradation of MB was carried out in the presence of visible light in a cylindrical Pyrex vessel
with a PL-300 xenon lamp (Beijing China) (λ > 400 nm) as the analogue sunlight source. During the
experiment, the distance between light source and container was kept at 10 cm to ensure the same
light intensity. The reaction vessel was equipped with a cooling device to ensure a constant reaction
temperature. The initial experiment conditions were as follows: a mixture of 0.03 g of the micron scale
catalyst and 100 mL of MB were stirred in dark conditions for 60 min to reach adsorption equilibrium.
Then, 10 mM of H2O2 (30% w/v) was added into the solution, and the pH was adjusted to 2. The pH
value was adjusted by adding 0.1 M HCl and 0.1 M NaOH. Then, 2 mL of the reaction solution was
taken out with a 5 mL disposable syringe at regular intervals, and the catalyst in the solution was
removed with a 0.2 μm filter. The concentration of MB remaining in the solution was determined by
UV-visible spectroscopy. The degradation rate was calculated using Equation (15), where C0 and C
were the initial concentration and the concentration at time t, respectively.

Dr = C/C0 (15)

4. Conclusions

Hexagonal K2Fe4O7 crystals with different sizes were successfully prepared under hydrothermal
conditions; their narrow band gap was 1.44 eV. Three KFO crystals had specific surface areas of 63.79,
9.63, and 0.42 m2/g, respectively. A small-crystal KFO-20 with a high surface area was used as a
photo-Fenton catalyst for the degradation of MB and CV in the presence of green oxidant H2O2 under
visible-light irradiation. The degradation rates of MB and CV reached 100% and 92% within 35 min,
respectively. Moreover, KFO-20 was shown to have good reusability and stability in the photo-Fenton
degradation of MB. The ·OH radical was dominant in the photo-Fenton catalytic reaction. Combining
the KFO catalyst and carbon materials with a catalyst of nanometre size could significantly enhance
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heterogeneous Fenton catalytic activity and be used as an efficient and stable catalyst for the removal
of dye contaminants in wastewater in the future.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4344/10/3/293/s1,
Figure S1: Powder XRD patterns for KFO-20 after four cycles.
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Abstract: MTBE (methyl tert-butyl ether) represents a rising threat to the environment, especially
drinking water, and its effective removal (with all by-products) is necessary. Even a very low
concentration of MTBE makes the water undrinkable; therefore, an effective treatment has to be
developed. This work is focused on MTBE photocatalytic oxidation in presence of various TiO2

photocatalysts with different phase composition prepared by different methods. It was confirmed
the phase composition of TiO2 had the most significant influence on the photocatalytic degradation
of MTBE. The rutile phase more easily reduces adsorbed oxygen by photogenerated electrons to
superoxide radical, supporting separation of charge carriers. The presence and concentrations of
by-products have to be taken into account as well. The conversion of total organic carbon (TOC)
was used for the comparison, 40% of TOC was removed after 1 h of irradiation in presence of
TiO2–ISOP–C/800 photocatalyst composed of anatase and rutile phase.

Keywords: photocatalysis; MTBE oxidation; TiO2; anatase-rutile

1. Introduction

Environmental protection, especially water and air, is representing a serious challenge for current
science. Transportation belongs among the pollution sources which negatively influence both air and
water environment. The air pollution from transportation is well discussed, and there are various
restrictions to decrease exhaust emissions as much as possible. However, the water pollution connected
to transportation is not so apparent, especially to public knowledge. For example, methyl tert-butyl
ether (MTBE), a gasoline additive, is a chemical compound used for increasing oxygen content in
gasoline [1].

MTBE as fuel additive was used in 1979 for the first time. It was used to replace lead and as
an octane enhancer [2]. The production of MTBE has increased ever since. The total consumption
of MTBE reached 22.4 Mt annually in 2016, and this number is expected to increase to 26.5 Mt in
2021 [3]. Considering very high production levels of MTBE, it is expected to find this compound in the
environment. Since the MTBE is rather easily dissolved in water, it is water sources where MTBE can
be found. The problem is when drinking water is contaminated because even very low concentrations
of MTBE can make drinking water undrinkable due to its offensive taste and odor. Since MTBE in
drinking water has attracted attention quite recently, its harmful effects on human health after digestion
are unclear [2]. However, higher concentrations of MTBE were reported to depress the nervous system,
be genotoxic, irritate skin and eyes [1]. Water containing very low amount of MTBE, around 20 ppb
and more, already smell like turpentine.

There are several ways how MTBE gets into the environment. Main sources of MTBE are accidental
fuel leakages during transportation of storage containers and car accidents, but also unburned gasoline
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spilled from boats directly to surface waters [1]. As a result, MTBE is the second most commonly
detected volatile organic compound in surface waters.

Currently, there are several methods for removing MTBE from water, for example, various
adsorptions, air stripping, biodegradation, electrochemical oxidation, and advanced oxidation processes.
All these methods are described and discussed in a review paper focused on technologies for removal
of MTBE [1]. Advanced oxidation processes, especially photocatalysis proved to be a very promising
method. It is the vision of very low costs for operating the technology that makes it so interesting.
Photocatalysis found its way into basically all research fields during the last decade, and removal
of MTBE is no exception. The photocatalytic decomposition of MTBE was studied using various
semiconductor catalysts, which were modified or immobilized on the support, the catalysts were
mostly based on TiO2 [4–8] or ZnO [9–11].

This work is investigating the photocatalytic degradation of methyl tert-butyl ether in presence of
various TiO2 photocatalysts with different phase composition prepared by different methods.

2. Results and Discussion

The texture properties of TiO2 photocatalysts prepared by various methods were evaluated using
nitrogen physisorption (Table 1). The shape of the nitrogen adsorption/desorption isotherms of most
of the photocatalysts can be categorized as IV type isotherms according the IUPAC classification [12],
basically corresponding to the mesoporous materials. Based on the similarities of the shapes of isotherms,
the TiO2 photocatalysts may be divided to two groups of mesoporous materials; the first one includes
TiO2 photocatalysts prepared from titanium (IV) isopropoxide (TiO2–ISOP–C/400, TiO2–ISOP–PFC),
the second one includes TiO2 photocatalyst prepared from titanyl sulphate (TiO2–TYS–C/450).
TiO2–ISOP–C/800 was not included in any of these two groups, since it is a nonporous material
showing very low specific surface area (measured by Kr physisorption). The TiO2–ISOP–C/400
and TiO2–ISOP–PFC hysteresis loops were identified as the H2 type belonging to mesoporous
adsorbents where the porous structure is complex and is not well-defined. It is evident the ISOP–based
TiO2 photocatalysts possess similarly smaller mesopores (pore width < 15 nm) (Figure 1b). However,
TiO2–ISOP–PFC shows significantly higher specific surface area and pore volume than TiO2–ISOP–C/400
(Table 1), which may be attributed to the fact that TiO2 nanocrystallites are less aggregated due to
crystallization in pressurized fluids than under thermal treatment, and this different processing
also results in different crystallinity of TiO2–ISOP–PFC (i.e., bicrystalline anatase–brookite mixture).
The TiO2–TYS–C/450 hysteresis loop may be classified as the H3 type associated with aggregates of
smaller TiO2 nanocrystallites of broad crystallite size-distribution. Its porous structure comprises some
macropores (Figure 1b). Concerning the effect of preparation parameters on TiO2 textural properties,
it is evident that the crystallization of ISOP–based TiO2 in pressurized hot water and methanol led
to lowered aggregation/sintration of TiO2 crystallites reflected to enhanced specific surface area and
well-developed porous structure of TiO2 compared, e.g., to TiO2–ISOP–C/400.

Table 1. Textural properties of investigated TiO2 photocatalysts.

Photocatalyst Labeling
Physisorption UV–Vis

SBET (m2 g−1) Vne (cm3
liq g−1) Band Gap Energy (eV)

TiO2–TYS–C/450 137 0.226 3.18
TiO2–ISOP–C/400 80 0.120 3.04
TiO2–ISOP–PFC 171 0.265 3.11

TiO2–ISOP–C/800 0.99 —- 2.90
TiO2–P25 44 0.208 3.22
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Figure 1. Adsorption/desorption isotherms (a) and evaluated pore-size distributions (b) of investigated
TiO2 photocatalysts.

In order to evaluate the influence of preparation method of TiO2 on phase composition, the XRD
analysis has been conducted (Figure 2). It is clear the preparation method of TiO2 significantly
influences its phase composition (Table 2). The processing with pressurized hot fluids leads to a
formation of bicrystalline phase anatase–brookite, and the calcination results in anatase phase or
combination of anatase and rutile, depending on the calcination temperature.

Figure 2. XRD patterns of investigated TiO2 photocatalysts.

Optical properties were evaluated by UV–vis DRS technique, and the results are shown in Figure 3.
The evaluation of band gaps of each photocatalyst was done from Tauc plots after the recalculation of
reflectance according to the Kubelka–Munk function (Table 1). The indirect band gaps were evaluated
for TiO2 photocatalysts, therefore, the (K-M·hν) function has to be to power 1

2 in order to obtain band
gap energy. It is clear the preparation method significantly influences the band gap energy of resulting
photocatalyst via its phase composition. The lowest band gap energy was 2.90 eV for TiO2–ISOP–C/800,
which contained the highest amount of rutile phase. The largest band gap energy was obtained for the
commercial TiO2–P25 (Evonik).

56



Catalysts 2020, 10, 35

Table 2. Structural properties of investigated photocatalysts.

Photocatalyst Labeling Phase Composition (wt.%) Crystallite-Size (nm) Facets (hkl)

TiO2–TYS–C/450 Anatase 7.6 (101) (200)
TiO2–ISOP–C/400 Anatase 10.3 (101) (200)

TiO2–ISOP–PFC 79% Anatase 6.5 (101) (200)
21% Brookite 5.2 (211)

TiO2–ISOP–C/800 75% Anatase 112 (110) (101) (200)
25% Rutile 356 (101) (200)

TiO2–P25 85% Anatase 24 (110) (101) (200)
15% Rutile 43 (101) (200)

Figure 3. Tauc plots of investigated TiO2 photocatalysts.

Photocatalysts TiO2–TYS–C/450 and TiO2–ISOP–C/400 were prepared by different methods, which
leads to different SBET and crystallite-size of anatase (Tables 1 and 2), but their morphology is almost
the same (Figure 4). Nevertheless, both photocatalysts contained anatase phase only, and their
photocatalytic activity toward removal of organic carbon was comparable. On the other hand,
the presence of brookite phase beside anatase led to an increase of TOC removal. The increase in
photocatalytic activity can be explained by formation of heterojunction between anatase and brookite
phase, as was mentioned earlier [13,14]. TEM image confirmed clusters of very fine particles, which is the
benefit of processing by pressurized hot fluids (Figure 4c) [15]. On the other hand, the larger crystallites
and through that lower specific surface area was observed at TiO2–P25 photocatalyst (Figure 4d).

The photocatalytic degradation of MTBE is presented in form of its decreasing concentration over
time (Figure 5). MTBE belongs among the volatile organic compounds with a boiling temperature
55.2 ◦C, therefore time for creating equilibrium between gas and liquid phase is necessary. This is
clearly evident from the blank test where the concentration of MTBE decreased during the first 75 min
and then stayed more or less constant. Therefore, the 75 min time period was chosen to be sufficient for
creating the equilibrium. On the other hand, when pure photolysis was conducted (no photocatalyst
present) a significant decrease in MTBE concentration was detected, even after this 75 min dark time.
It is clear that the strong UV irradiation itself decomposes the MTBE molecule. The highest decrease of
MTBE concentration was observed in the presence of biphasic photocatalysts containing rutile phase
(TiO2–ISOP–C/800 and TiO2–P25).
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Figure 4. TEM images of (a) TiO2–ISOP–C/400; (b) TiO2–TYS–C/450; (c) TiO2–ISOP–PFC; (d) TiO2–P25.

Figure 5. The dependence of MTBE (methyl tert-butyl ether) concentration on time over TiO2 photocatalysts.
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The degradation of organic compounds from the waste water is always a tricky one. Since the
organic molecule can be oxidized in multiple ways, various by-products, sometimes even more
dangerous than the original one, can be produced. There are several by-products reported during
the photocatalytic degradation of MTBE, such as formic acid [16], acetaldehyde [16], acetone [17],
tert-butyl alcohol [16–18], 2-methyl-1-propen [17], tert-butyl formate [17], 2-methyl propanoic acid [17],
and CO2 [16,17]. The by-products’ production depends on experimental setup and can be different for
various research groups.

For the above reasons, it is necessary to monitor not only the decrease of MTBE concentration, but
also to analyze the formation of intermediates. Altogether, four different by-products were detected in
our case. The presence of each by-product was confirmed by GC/MS and exact concentration in various
time was determined the same way as MTBE concentration (SPME method coupled with GC/FID).
Figure 6 shows the correlation between the concentration of each by-product and MTBE conversion for
individual measurements after 60 min of irradiation. There were four different by-products recognized;
acetone (AC), 2-methylprop-1-ene (MP), methyl acetate (MA), and tert-butyl formate (TBF). Only
2-methylprop-1-ene was detected in case of blank test, which suggests it is already present in the stock
solution of MTBE. The detected by-products were also reported by other groups [17,19]. Since no
change in pH was detected during the reaction, we can presume no acidic products, such as formic
acid, acetic acid, or propanoic acid, were generated. The main by-product was tert-butyl formate.
However, the concentration and ratios of by-products’ concentrations varied for each photocatalyst,
pointing toward the importance in photocatalyst preparation.

Figure 6. Correlation between by-products’ concentrations and MTBE conversion for each photocatalyst,
photolysis, and blank measurement after 60 min of irradiation (254 nm).

The formation of by-products in the presence of various photocatalysts is different, which is also
evident from Figure 6. In order to compare the photocatalytic activity of each photocatalyst, the amount
of total organic carbon (TOC) was calculated and depicted in Figure 7. All prepared photocatalysts
performed higher efficiency in TOC removal in comparison with TiO2–P25. From this point of view,
the comparison of two anatase–rutile photocatalysts, i.e., TiO2–ISOP–C/800 and TiO2–P25, was very
interesting. Even though the removal of MTBE is slightly lower in presence of TiO2–ISOP–C/800
compared to TiO2–P25, its photocatalytic activity is higher if we take into account removal of total
organic carbon (Figure 7). It suggests that the TiO2–ISOP–C/800 photocatalyst is more selective toward
complete mineralization to CO2 instead of partial oxidation to organic by-products.
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Figure 7. Conversion of total organic carbon (TOC) in presence of each photocatalyst and photolysis
after 60 min of irradiation (254 nm).

The photocatalytic activity of photocatalysts depends on many factors such as phase composition,
crystallite size, specific surface area, band gap energy, and so on. However, the specific reaction has to
be also taken into an account. Prieto-Mahaney et al. [20] studied the correlation between structural
and physical properties and photocatalytic activities for five different reactions and 35 TiO2 samples.
They studied six properties, specific surface area, density of lattice defects, primary and secondary
particle size, and existence of anatase and rutile phases, to obtain intrinsic dependence of photocatalytic
activities on the properties. The role of these properties was significantly depended on the type of
photocatalytic reaction. Due to the fact that they did not study photocatalytic decomposition of MTBE,
it is not possible compare these results with results obtained in this work. In case of MTBE oxidation,
the specific surface area and the crystallite size did not play an important role. The photocatalyst
with the highest photoactivity (TiO2–ISOP–C/800) has the lowest specific surface area and the largest
crystallite size. On the basis of the obtained results, we can say that the phase composition was the
decisive parameter in the studied reaction. Titanium dioxide has different structures in anatase, rutile,
and brookite phase. These differences strongly influence their physicochemical properties.

Our results also confirmed the importance of phase composition of TiO2. Usually, the presence
of two phases leads to a better photocatalytic activity due to the heterojunction between these two
phases, which can promote the separation of photogenerated electrons and holes [21]. After absorption
of photon, photogenerated electrons can migrate from phase with the higher conduction band (CB)
to the phase with lower CB. At the same time, the holes from the phase with a lower valence band
(VB) migrate to the phase with a higher VB. For this reason, electrons are separated on one phase of
TiO2 and holes on another one, and both, electrons and holes, can be more efficiently utilized for redox
reactions [21,22].

Even though, Figure 6 shows a very slight increase in MTBE conversion in presence of
photocatalysts composed solely of anatase or anatase/brookite phase compared to photolysis and
photocatalysts containing anatase/rutile proved significantly higher photocatalytic activity toward
MTBE oxidation (TiO2–P25 and TiO2–ISOP–C/800 removed 95% and 80% of MTBE, respectively),
the TOC degradation is the more important factor, which must be considered (Figure 7). Why is
the TOC degradation so significant? While TBF can be relatively rapidly degraded as the reaction
proceeds, the AC and MA are not only persistent toward radical oxidation, but also a possible oxidation
product of TBF [23,24] Due to this reason, the TiO2–ISOP–C/800 photocatalyst may be considered
as the most suitable photocatalyst for degradation of MTBE (Figure 7). This photocatalyst proved
not only high conversion of MTBE, but especially the highest conversion of total organic carbon
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(the smallest amount of by-products). The TiO2–P25 showed a very high activity toward removal
of MTBE, however, only partial oxidation of organic pollutants was accomplished (Figure 7). In the
presence of TiO2–ISOP–C/800 photocatalyst, the smallest amount of AC (1.64 mg L−1) and MA (0.95 mg
L−1) was formed in comparison with TiO2–P25 (8.77 mg L−1 of AC and 2.93 mg L−1 of MA). Additionally,
another of the bi-phasic photocatalysts (TiO2–ISOP–PFC), which contained anatase and brookite phase,
exhibited good selectivity to the total mineralization. In the presence of TiO2–ISOP–PFC, 2.58 mg
L−1 of AC and 1.44 mg L−1 of MA were formed. One of the reasons to explain lower photocatalytic
activity of TiO2–P25 toward TOC removal could be a smaller portion of rutile phase in comparison
with TiO2–ISOP–C/800 photocatalyst.

In addition to the formation of heterostructures and the associated reduction in the recombination
of electrons and holes, the type of TiO2 phase is important as well. The rutile phase is more stable,
however, usually less photoactive than anatase. It is worth mentioning the charge recombination rate
is lower in case of rutile [25]. The most significant difference between the anatase and rutile phases of
TiO2 is in concentration of adsorbed oxygen. The molecular oxygen more easily interacts with oxygen
vacancies than with TiO2 surface, and in addition to that, the interaction is much stronger for rutile than
anatase [25]. This fact results in electron transfer from surface defects to an adsorbed oxygen, leading
to a formation of superoxide anion (O−2 ). Superoxide anion is a reactive oxygen species, however, its
utilization for oxidation of organic compounds is generally low. Nevertheless, O•−2 is an important
part in the oxidation process carried out in acidic or neutral environment. It is especially useful in
degradation of phenolic compounds, hydroxyl radicals, on the other hand, better oxidize organic
intermediates to CO2 [25]. The above mentioned highlights the necessity of oxygen atmosphere (air)
for the oxidation of MTBE. This was confirmed by Barreto et al. [26] who conducted the photocatalytic
degradation of MTBE without oxygen as one of the blank tests, and almost no decrease in MTBE
concentration was observed.

The adsorbed oxygen molecules reacted with the electron and created superoxide anion radicals
(1), which can undergo a few steps, resulting in production of hydrogen peroxide (2) and (3) [16].
The hydrogen peroxide can be reduced by electrons, as well resulting in more hydroxyl radicals and,
through that, increasing the conversion of MTBE (4).

O2 + e− → O•−2 (1)

O•−2 + H+ → HO•2 (2)

HO•2 + HO•2 → H2O2 + O2 (3)

H2O2 + e− → OH• + OH− (4)

OH− + h+ → OH− (5)

Due to this fact, there are two sources of hydroxyl radical-hydrogen peroxide can be produced
in the reaction mixture of two-electron transfer (Equation (6)) or water oxidation (Equation (7))
(its formation was found, etc. in [26]).

O2 + 2 e− + 2 H+ → H2O2 (6)

2 H2O + 2 h+ → H2O2 + 2 H+ (7)

For the above reasons, the anatase rutile combination is more effective in oxidizing MTBE than
the anatase brookite combination.

Since rutile has significantly higher ability to adsorb oxygen than anatase [25], it is clear why
TiO2–ISOP–C/800 sample has higher photocatalytic activity toward TOC conversion than all the
other photocatalysts. There is the highest amount of rutile present and therefore, there is the highest
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separation of charge carriers, either through heterojunction or by easier reduction of adsorbed oxygen
to superoxide anion radical.

Reaction Mechanism

Mohebali et al. [17] proposed two reaction path ways leading to either 2-methyl propanoic acid
or acetic acid. The important thing to know is what initiates the oxidation of organic molecule; is it
photogenerated hole itself or hydroxyl radical created from the water oxidation? It is well known
electron–hole pair is generated after absorption of photon with sufficient energy by TiO2 (1). In order
to find out whether the reaction is initiated by hole or hydroxyl radical experiment with isopropyl
alcohol was carried out (see Supplementary Materials). Isopropyl alcohol serves as hydroxyl radical
scavenger, therefore, the reaction rate would decrease if hydroxyl radicals oxidize MTBE and stayed
the same in case holes oxidize MTBE molecule [27]. The test was carried out repeatedly in presence
of TiO2–P25. Since the conversion of MTBE decreased from 92% (without isopropanol) to 37% (with
0.19 mL isopropanol) we can safely assume the oxidation of MTBE is initiated by hydroxyl radicals
created from single hole water oxidation (2). These findings are in an agreement with Hwang et al. [27].
The most represented by-product, tert-butyl formate (TBF), is formed through two steps according (3).

The reduction of adsorbed oxygen by photogenerated electron helps to charge carriers’ separation
and lowers the recombination rate. Therefore, another experiment was conducted. This time,
chloroform as superoxide anion radical scavenger was added (see Supplementary Materials).
Chloroform willingly interacts with superoxide anion radicals shifting the equilibrium so more
superoxide anion radicals are produced and the separation of charge carriers is even more enhanced.
This was confirmed experimentally where the addition of chloroform (0.016 mL) increased the MTBE
conversion to 100% from 92% in presence of TiO2–P25.

3. Materials and Methods

3.1. Photocatalysts Preparation Method

Altogether, 4 different TiO2 photocatalysts were prepared, using either titanyl sulphate or titanium
(IV) isopropoxide as Ti-precursor depending on the used chemical method (thermal hydrolysis
vs. sol-gel), and different processing (pressurized hot solvents crystallization vs. calcination).
The preparation method and processing for individual TiO2 photocatalysts is described in Table 3.

Table 3. Information about preparation of investigated TiO2 photocatalysts.

Photocatalysts Labeling
Preparation Processing

Method Precursor Method Conditions

TiO2–TYS–C/450 Thermal hydrolysis Titanyl
sulphate Calcination 450 ◦C (2 h), 3 ◦C min−1

TiO2–ISOP–C/400 Sol-gel Titanium (IV)
isopropoxide Calcination 400 ◦C (4 h), 10 ◦C min−1

TiO2–ISOP–PFC Sol-gel Titanium (IV)
isopropoxide

Pressurized hot
fluids crystallization

200 ◦C, 10 MPa, 1.5 L H2O
+ 0.25 L CH3OH + 0.1 L
H2O, 3.5–4.5 mL min−1

TiO2–ISOP–C/800 Sol-gel Titanium (IV)
isopropoxide Calcination 800 ◦C (4 h), 5 ◦C min−1

The preparations of individual TiO2 were following:
TiO2–TYS–C/450: The titanium precursor stock solution was prepared from titanyl sulphate

monohydrate (TiOSO4 H2O). The solution was stirred with a spindle stirrer for 3 days until complete
dissolution of titanyl sulphate monohydrate in water. The final concentration of stock solution was
100 g of TiO2 L−1 of solution. Then the stock solution was mixed with 0.5 wt.% H2SO4 solution and
stirred at temperature of 80 ◦C on a magnetic stirrer for 60 min. The solution was cooled at laboratory
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temperature. After cooling, a 20 wt.% NaOH solution was added until the pH of the solution rose to 7.
The resulting suspension was filtered using a Buchner funnel. The collected precipitate was washed with
demineralized water until the sulfates were removed. The presence of sulfates was verified using BaCl2
solution. The obtained precipitate was dried in an oven at 50 ◦C for 24 h to constant weight. Afterwards,
the precipitate was calcined in an oven at 450 ◦C for 2 h using a temperature ramp of 3 ◦C min−1.

TiO2–ISOP–C/400: Titania sol was prepared by mixing cyclohexane, Triton X-114, demineralized
water, and titanium (IV) isopropoxide in molar ratio of 11:1:1:1. Firstly, cyclohexane, Triton X-114,
and water were mixed and stirred for 15 min. Then titanium (IV) isopropoxide was added and the
micellar sol was mixed for 30 min for homogenization. Afterwards, the sol was poured into a Petri
dish and aged for 48 h on air. The gelation of sol took place. The gel was crashed to 3 × 3 mm small
pieces, placed in crucibles, and calcined in an oven at 400 ◦C for 4 h using a temperature ramp of 10 ◦C
min−1 to obtain TiO2 powder. The powder sample was sieved to particle size < 0.160 mm.

TiO2–ISOP–PFC: The titanium-based gel was prepared identically as mentioned in the case of
TiO2–ISOP–C/400, but the crashed gel was crystallized at 200 ◦C and 10 MPa, using the sequence of
solvents: 1.5 L of demineralized water, 0.25 L of methanol, and 0.1 L of demineralized water with
a flow rate of 3.5–4.5 mL min−1 to obtain TiO2 powder. The powder sample was sieved to particle
size < 0.160 mm.

TiO2–ISOP–C/800: The titanium-based gel was prepared identically as mentioned in the case of
TiO2–ISOP–C/400, but the crashed gel was calcined in an oven at 800 ◦C for 4 h using a temperature
ramp of 5 ◦C min−1 to obtain TiO2 powder. The powder sample was sieved to particle size < 0.160 mm.

TiO2–P25: Commercially available TiO2 powder (particle size < 0.09 mm) used as a reference
photocatalyst to be compared with investigated prepared photocatalysts.

3.2. Characterization of TiO2 Photocatalysts

Each photocatalyst was characterized by several characterization techniques, such as nitrogen
physisorption [28], powder X-ray diffraction [29], transmission electron microscopy [28], and diffuse
reflectance UV-vis spectroscopy [30]. For more detail see Supplementary Materials.

3.3. Photocatalytic Degradation of MTBE

The annular batch photoreactor was used for the photocatalytic degradation of MTBE.
The photoreactor was homemade from stainless steel and was fitted with stoppers around its
inner periphery in order to achieve better mixing. Total volume of the photoreactor was 305 mL.
The suspension of 0.1 g of photocatalyst in the 100 mL MTBE solution was used for the photocatalytic
test. The concentration of MTBE was 70 μmol L−1 (52 mg L−1). The mixture was stirred using magnetic
stirrer at 600 rpm. The reactor was sealed in order to monitor composition of the gas phase, which
was air at the beginning of the reaction. The gas sample was taken at 0 h and analyzed on GC/BID.
The solution was left in the dark for 75 min in order to reach adsorption/desorption equilibrium.
Reaction itself started by turning on the 8 W Hg lamp with peak intensity at 254 nm, which was placed
in quartz glass tube in the axis of symmetry of the reactor. The photocatalytic test was carried out for
60 min, and samples were taken each 15 min. Liquid samples (2 mL) were taken through septum at the
bottom of the reactor, and the photocatalyst was filtered out using syringe filters with quartz pre-filter.
The composition of the liquid phase was analyzed using SPME method (Solid Phase Micro Extraction)
and GC/FID.

4. Conclusions

MTBE represents a rising threat to the environment and its effective removal (with all the
by-products) is necessary. This work investigates MTBE oxidation in presence of various TiO2

photocatalysts prepared by different methods. The TiO2–ISOP–C/800 photocatalyst showed significantly
higher activity toward TOC removal and also high activity for MTBE conversion. Base on the results
the phase composition of TiO2 was found to be the key parameter in the photocatalytic degradation of
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MTBE. Notably, the presence of the heterojunction in biphasic TiO2 photocatalysts is profitable, because
it enables better separation of electrons and holes. Furthermore, the rutile phase, unlike brookite phase,
more easily reduce adsorbed oxygen by photogenerated electrons to superoxide radical, which also
supports the separation of charge carriers leading to higher photocatalytic activity.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4344/10/1/35/s1, Figure
S1: Dependence of MTBE conversion on time in presence of TiO2 P25 without and with scavengers of OH• and O•−2 .
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Abstract: Ag/ZnO nanocomposites were synthesized and applied in the photocatalytic ozonation
of phenol. Their crystal, textural, morphological, optical, and electrochemical properties were
investigated by XRD, Raman, SEM, TEM, UV–Vis diffuse reflectance spectroscopy (DRS), X-ray
photoemission spectroscopy (XPS), and photoluminescence (PL) techniques in detail. The results
indicated that silver nanoparticles were well dispersed on the surface of porous ZnO and the intimate
contacts were formed at the Ag/ZnO interfaces. This prominently favored the separation and transfer
of photoinduced electrons from ZnO to Ag nanoparticles for the activation of ozone to produce •OH
and •O2

−. As a result, a significant enhancement in photocatalytic ozonation of phenol was achieved
over Ag/ZnO catalysts. It also showed a synergistic effect between photocatalysis and ozonation.

Keywords: ZnO; silver; photocatalytic ozonation; phenol; synergistic effect

1. Introduction

The combination of ozone and heterogeneous photocatalysis is one of the promising advanced
oxidation technologies for the decomposition of organic contaminants [1–3]. In this process, ozone can
effectively capture the photogenerated electrons from the semiconductor to form ozonide radicals,
which not only obviously inhibits the recombination of the electron-hole couples, but also remarkably
increases the utilization efficiency of the dissolved ozone [4]. Thus, a significant enhancement in
the decomposition and mineralization of organic pollutants should be realized in the process of
photocatalytic ozonation. To advance the practical application of photocatalytic ozonation technology,
it is highly desirable to develop high-performance catalysts that can initiate a great synergism in the
combination of photocatalysis and ozonation [5–12].

As a typical semiconductor, ZnO is a promising candidate for photocatalytic ozonation reactions,
owing to its good photocatalytic properties and unique function for ozonation activation [13–17].
In addition, easy synthesis, low cost, and environmental friendliness also enable the large-scale
application of ZnO in the photocatalytic ozonation of organic pollutants [18]. However, owing to the
rapid recombination of the photoexcited electron-hole pairs, the development of ZnO for photocatalytic
ozonation reactions is greatly hindered and only moderate activity is achieved on pure ZnO for
wastewater treatment [19].

Surface decoration of a semiconductor with metal nanoparticles is a facile and effective strategy to
advance photocatalytic performances because the formation of heterostructure between metal and
the semiconductor can greatly promote the separation and transfer of photogenerated electron–hole

Catalysts 2019, 9, 1006; doi:10.3390/catal9121006 www.mdpi.com/journal/catalysts
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pairs [20–23]. In addition, the supported metal nanoparticles can work with the semiconductor to
cocatalyze chemical reactions [24–26]. In this study, Ag nanoparticles were employed to decorate ZnO
for photocatalytic ozonation of organic pollutants by means of their unique properties. Experimentally,
Ag nanoparticles were deposited onto the ZnO surface via a photochemical approach and the resultant
Ag/ZnO catalysts were well investigated by XRD, Brunauer-Emmett-Teller (BET), TEM, SEM, X-ray
photoemission spectroscopy (XPS), and electrochemical measurement. Phenol was chosen as a model
contaminant to assess the catalytic performance. Electron paramagnetic resonance (EPR), along with
quenching experiments, was conducted to probe the role of active species in the phenol removal
and mineralization. Furthermore, the possible reaction mechanism over Ag/ZnO nanocomposites
was proposed.

2. Results and Discussion

2.1. Catalysts Characterization

Figure 1a displays the XRD patterns of pure ZnO and Ag/ZnO samples. The strong and sharp
diffraction peaks marked with “♣” can be assigned to the hexagonal wurtzite ZnO (JCPDS File No.
36-1451). The loading of Ag on ZnO does not change its crystal structure. When the Ag content
increases to a certain amount (1.5 wt%) the characteristic diffraction peaks of Ag appear at 38.1◦ and
44.3◦ (JCPDS File No. 04-0783). The peak intensity becomes stronger with the increase of Ag content,
indicating that the Ag/ZnO composite is successfully prepared. Furthermore, no shift in the ZnO
diffraction peak is found among the samples, implying that Ag is deposited on the surface of ZnO
rather than incorporated into the lattice of ZnO. Figure 1b presents the Raman spectra of ZnO and
1.5 wt%Ag/ZnO. The pure ZnO displays several bands at 433, 377, and 327 cm−1, corresponding to the
E2, A1(TO), and A1 modes of hexagonal wurtzite ZnO, respectively [27]. The strong E2 peak implies
the good crystallinity of the ZnO nanoparticle. After loading the Ag nanoparticles, the intensity of the
characteristic bands for ZnO is greatly increased, this is probably due to the local field of the metallic
Ag on the surface of ZnO [28]. The new bands between 500 and 900 cm−1 could originate from the
enhanced Raman scattering by coupled LO-phonon-plasmon modes of ZnO with the presence of Ag
nanoparticles [29].

 

♦♦ wt

wt

wt

wt

wt

♣ ♣♣♣♣♣
♣♣

♣

Figure 1. (a) XRD patterns and (b) Raman spectra of the samples.

SEM was taken to observe the morphology of pure ZnO and 1.5 wt% Ag/ZnO. In Figure 2,
pure ZnO has a porous flake-like morphology composed of numerous aggregated nanoparticles and
no obvious change in morphology is observed when ZnO is loaded with Ag. Ag/ZnO was further
characterized by TEM. The porous structure is from the aggregation of ZnO nanoparticles (Figure 3a),
which is in good agreement with the observation in the SEM image. The HR-TEM image (Figure 3b)
clearly presents the lattice distance of 0.247 nm and 0.235 nm, corresponding to the (101) plane of
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ZnO and the (111) plane of Ag [26], respectively. This means that the intimate contact between ZnO
and Ag is formed, which will facilitate the separation for the photogenerated carriers of the catalyst.
Meanwhile, the energy-dispersive X-ray spectroscopy (EDX) analysis was done to study the chemical
constitution of Ag/ZnO. In Figure 3, Ag/ZnO comprises of three elements (O, Zn, and Ag) and the
Ag element is well dispersed on the surface of ZnO. Additionally, the surface area and pore structure
of ZnO and Ag/ZnO were studied by N2-sorption analysis (Figure S1). The surface area of Ag/ZnO
(20 m2/g) is slightly lower than that of ZnO (25 m2/g). This could be attributed to the pore structure
blocking by the Ag nanoparticles.

 
Figure 2. SEM images of (a) ZnO and (b) 1.5 wt% Ag/ZnO.

 

Figure 3. (a,b) TEM and energy-dispersive X-ray spectroscopy (EDX) mapping images of
1.5 wt% Ag/ZnO.
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The chemical states of ZnO and Ag/ZnO were carefully examined by X-ray photoemission
spectroscopy (XPS). In the survey spectra (Figure 4a), Zn, O, and C are present. ZnO, Zn, O, Ag, and
C exist in the Ag/ZnO, and no other elements are observed. In Figure 4b, the Zn 2p spectra has two
symmetrical peaks at 1021.4 and 1044.6 eV, corresponding to Zn 2p3/2 and Zn 2p1/2, respectively. This
is indicative of the presence of Zn2+ in the samples, according to the reported data [30,31]. In Figure 4c,
both samples present similar O1s spectra, which can be fitted into two peaks (531.7 eV and 530.2
eV), corresponding to the surface adsorbed oxygen and the lattice oxygen of ZnO [32], respectively.
Figure 4d shows the Ag 3d XPS spectrum of Ag/ZnO. The two peaks centered at 373.4 and 367.4 eV
correspond to Ag 3d3/2 and Ag 3d5/2, respectively. The binding energies are much lower than those
of pure metallic Ag (374.2 eV and 368.2 eV), indicative of the strong interaction and charge transfer
between Ag and ZnO [33–35], which will favor the separation of the photogenerated charges and
suppress their recombination.

Figure 4. The X-ray photoemission spectroscopy (XPS) spectra of ZnO and 1.5 wt% Ag/ZnO, (a) survey,
(b) Zn 2p, (c) O 1s, and (d) Ag 3d.

Figure 5a displays the UV-Vis diffuse reflectance spectra of ZnO and Ag/ZnO. Pure ZnO has a
strong absorption in the ultraviolet region (400 nm), in accordance with the wide band-gap feature
of ZnO semiconductor. In comparison to ZnO, Ag/ZnO exhibits an extra absorption band in the
visible region, which can be assigned to the strong surface plasmon resonance of the metallic Ag
nanoparticle [36]. This also confirms that the as-synthesized sample is composed of metallic Ag and
ZnO. Photoluminescence (PL) is a useful tool to get insightful evidence about the recombination of the
photogenerated electron-hole pairs, thus the PL spectra for ZnO and Ag/ZnO were carried out. As
shown in Figure 5b, there is a visible emission band around 600 nm in the PL spectra. The emission
band may be due to the electron transition in various kinds of defect states [37]. It can be obviously seen
that Ag/ZnO has a much lower emission intensity than bare ZnO, suggesting that the recombination of
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photogenerated electron-hole couples is significantly suppressed [36]. This will facilitate the process
involved in the participation of the photogenerated carriers in the reaction.

μ

Figure 5. (a) The UV-Vis diffuse reflectance spectra, (b) the photoluminescence spectra, (c)
electrochemical impedance spectroscopy (EIS) Nyquist plots, and (d) the photocurrent response
curves of ZnO and 1.5 wt% Ag/ZnO.

Electrochemical impedance spectroscopy (EIS) has been commonly conducted to explore the
charge transfer capability of the catalysts. The EIS Nyquist plots of ZnO and Ag/ZnO (Figure 5c) display
semicircles related to the charge transfer resistance (Rct) across the catalyst-electrolyte interface. A
smaller semicircle arc means a lower Rct and faster charge transfer. Ag/ZnO shows a much smaller radius
than bare ZnO, indicating that Ag deposition can promote the interfacial electron transfer [38]. The
transient photocurrent response is closely associated with the separation efficiency of the photogenerated
carriers. Generally, a higher photocurrent implies a higher separation efficiency of photogenerated
electron-hole pairs. Figure 5d displays the photocurrent-time curves for ZnO and Ag/ZnO during
repeated ON/OFF irradiation cycles. Ag/ZnO exhibits an enhanced photocurrent response compared
to ZnO, suggesting that Ag/ZnO shows an enhanced efficiency in the photogenerated charges
separation [39]. This will be advantageous to boost its activity in the photocatalytic ozonation reaction.

2.2. Activity

Phenol is a typical prevalent contaminant in wastewater streams and is often resistant to
conventional water treatments. Thus, phenol was used as a model compound to evaluate the catalytic
activities of ZnO and Ag/ZnO. Figure 6 shows the change of the normalized concentration of phenol
and total organic carbon (TOC) as a function of the reaction time over different catalysts. The phenol
and TOC removals are determined to 86% and 10% in the UV-O3 process, respectively. When ZnO was
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used as the catalyst in the UV-O3 process, the phenol and TOC removals increased to 100% and 52%.
Compared to pure ZnO, Ag/ZnO exhibited an enhanced performance and 1.5 wt% Ag/ZnO showed
the best activity with the TOC removal of 62% in 60 min. Thus, we conducted the comprehensive
comparison between 1.5 wt% Ag/ZnO and ZnO.

wt
wt
wt
wt
wt

wt
wt
wt
wt
wt

Figure 6. (a) The degradation and (b) mineralization of phenol in the photocatalytic ozonation process
over ZnO and Ag/ZnO samples. Gaseous [O3]: 10 mg/L; O3 flow rate: 50 mL/min; catalyst dosage: 0.5
g/L; phenol concentration: 50 mg/L.

To better understand the process of photocatalytic ozonation, we have studied the activities
of ZnO and Ag/ZnO in different oxidation processes (Figure 7). There is no observable removal of
phenol under UV irradiation in the absence of a catalyst. However, in the presence of ZnO, a rapid
degradation of phenol occurs under UV irradiation. The introduction of ozone into the photocatalytic
system can further increase the degradation rate of phenol (Figure 7a). The phenol degradation data
can be expressed in a linear pattern using a pseudo-first kinetics model and the deduced kinetics
constants are shown in Figure 7b. In the case of the ozonation process, ZnO behaves as a good
catalyst for the phenol degradation efficiency and the corresponding kinetics constant is 0.05 min−1,
about two times as high as that in ozone alone. The kinetics constant becomes slightly lower when
ZnO is deposited with silver nanoparticles. It has been reported that Ag was an effective catalyst
in decomposing ozone [40], thus the presence of silver nanoparticles might impair the utilization of
ozone in the ozonation process. Interestingly, Ag/ZnO exhibits much higher photocatalytic activity
than bare ZnO, which can be attributed to the higher photoinduced carrier separation by the formation
of Ag/ZnO heterostructure. In the case of the combination of photocatalysis and ozonation, the kinetics
constant of 0.07 min−1 is achieved over Ag/ZnO, which is higher than that in the ZnO-UV-O3 system
(0.055 min−1). Furthermore, the kinetics constant is greatly larger than the sum of those in Ag/ZnO-UV
(0.014 min−1) and O3 (0.022 min−1). This enhancement in catalytic activity could be ascribed to the
synergistic effects between photocatalysis and ozonation with Ag/ZnO. In addition, the Ag/Zn-UV-O3

process exhibited better performance for phenol removal than the reported oxidation process with the
ZnO-based catalyst (Table S1).

It is a vital issue whether or not the organic molecules can be completely oxidized into nontoxic
CO2 in oxidation reactions. Thus, the total of carbon (TOC)removal in different oxidation processes
is also investigated in detail and the result is shown in Figure 7c,d. It exhibits a similar trend to
the phenol removal in the different oxidation processes. In the system of Ag/ZnO-UV-O3, the TOC
removal rate can reach 0.4 mg/L/min, which is higher than those in Ag/ZnO-UV (0.14 mg/L/min) and
O3 (0.03 mg/L/min). These results also illustrate the synergy which occurred in the photocatalytic
ozonation process. Among the different processes, Ag/ZnO-UV-O3 exhibits the best activity for the
phenol degradation and mineralization. Additionally, the stability of Ag/ZnO in the photocatalytic
ozonation of phenol was investigated. In Figure 8, the removal of phenol remained at nearly 100% and
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the mineralization rate was kept at around 61% in the cyclic runs. Meanwhile, we also studied the Ag+

leaching in the photocatalytic ozonation process and the leaching amount of the Ag ion was 0.004,
0.006, 0.009, and 0.004 ppm in the four cycles, respectively. No obvious change is observed in the SEM
image and the EDX analysis for Ag/ZnO after the reaction (Figure S2). This indicates that Ag/ZnO
exhibits robust stability in the photocatalytic ozonation of phenol. Furthermore, this catalyst can be
extensively used for the removal of tetracycline hydrochloride (Figure S3).

wt
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wt

wt

wt

wt
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Figure 7. (a) The degradation and (c) mineralization of phenol in different oxidation processes, (b) the
fitted kinetics degradation constants, and (d) TOC removal rates. Gaseous O3 concentration: 10 mg/L;
O3 flow rate: 50 mL/min; catalyst dosage: 0.5 g/L; phenol concentration: 50 mg/L.

Figure 8. (a) The degradation and (b) mineralization of phenol in 60 min by a 1.5 wt% Ag/ZnO
photocatalytic ozonation reaction for four cycles. Gaseous [O3]: 10 mg/L; O3 flow rate: 50 mL/min;
catalyst dosage: 0.5 g/L; phenol concentration: 50 mg/L.
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2.3. Reaction Mechanism

To monitor the active species (•OH and •O2
−) generated in the photocatalytic ozonation process,

EPR experiments were carried out. •OH detection was done in the medium of ultrapure water. In
Figure 9a, a four-line spectra with the intensity ratio of 1:2:2:1, characteristic of DMPO/•OH [41,42], is
observed over ZnO-UV-O3 and Ag/ZnO-UV-O3, and no obvious DMPO/•OH signal is found in the
UV-O3 process. It is well know that •OH has strong oxidation ability and it can deeply mineralize
the organic contaminants. Moreover, the •OH produced in the Ag/ZnO-UV-O3 system will result
in a higher efficiency in the TOC removal. Methanol was used as the reaction medium instead of
ultrapure water to detect •O2

−. Figure 9b clearly displays the EPR signals of the four-line spectra with
the intensity ratio of 1:1:1:1, indicative of DMPO/•O2

− adducts [43–45]. When Ag/ZnO is employed as
the catalyst, the intensity ratio is 1:1:1:1, indicative of DMPO/•O2

− adducts [43–45]. When Ag/ZnO
is employed as the catalyst, the intensity of the DMPO/•O2

− signal is significantly increased. The
produced active species also accelerate the removal and mineralization of phenol. To further verify the
role of the active species in the phenol degradation over Ag/ZnO, the radical trapping experiments
were carried out by using Tert-butanol (TBA) and p-benzoquinone (p-BQ) as the scavengers for •OH
and •O2

− [46,47], respectively. In Figure S4, the kinetics constants for phenol degradation dramatically
decrease to 0.03 min−1 and 0.005 min−1 in the presence of 10 mM TBA and 10 mM p-BQ, respectively.
This illustrates that both •OH and •O2

− contribute to the decomposition of phenol, which is consistent
with the EPR results.

wt wt

Figure 9. The electron paramagnetic resonance (EPR) spectra of DMPO/•OH (a) and DMPO/•O2
− (b)

over the UV-O3 systems with different catalysts.

On the basis of the above results and analysis, the possible reaction mechanism for the
photocatalytic ozonation of phenol over the Ag/ZnO catalyst was proposed. In Figure 10, when
Ag/ZnO is irradiated with UV light, electrons are excited to the conduction band (CB) and holes are
generated simultaneously in the valence band (VB). The photo-induced charges will migrate to the
surface of ZnO, the holes oxidize phenol or react with H2O to produce •OH, and the photogenerated
electrons in the conduction band of ZnO will quickly transfer to Ag nanoparticles by virtue of the
intimate contact between ZnO and Ag. This will significantly reduce the recombination of the
photogenerated electron-hole pairs. Meanwhile, the electrons will be trapped by O3 to produce active
species such as •OH and •O2

−, and these active species will efficiently degrade the organic pollutants
and mineralize them into CO2.
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Figure 10. The proposed mechanism for the photocatalytic ozonation of phenol over Ag/ZnO.

3. Materials and Methods

3.1. Catalyst Preparation and Characterization

Zn(CH3COO)2·2H2O (4.46 g) and CO(NH2)2 (1.80 g) were dissolved in 40 mL deionized water,
which was transferred into a 100 mL Teflon-lined stainless steel autoclave and then heated at 120 ◦C for
2 h. After the autoclave naturally cooled down to room temperature, the precipitation was filtered and
washed with water/ethanol and then dried at 60 ◦C. ZnO was obtained by heating the dry precipitation
at 400 ◦C for 2 h. Ag/ZnO was prepared by the photodeposition method. Typically, 0.60 g of ZnO
powder was dispersed in 100 mL of the mixture of methanol and water (10%/90%, v/v) containing
different amounts of AgNO3 under stirring. The mixed suspension was irradiated with UV light for
30 min. The precipitate was then filtered, dried, and finally heated at 300 ◦C for 2 h. The sample was
denoted as “xwt% Ag/ZnO”, where x is the theoretical value. The actual Ag loading amount was also
determined by an inductively coupled plasma mass spectrometry (ICP) measurement (Table S2).

The crystal phase of the samples was identified by an X-ray Diffraction (XRD, Bruker D8 Advance,
Germany) with Cu Ka radiation (λ = 1.5406 Å). The morphology and microstructure was characterized
by scanning electron microscopy (SEM, Hitachi S4800, Japan) and transmission electron microscopy
(TEM, FEI Talos F200S, Netherlands). Brunauer-Emmett-Teller specific surface area was determined
on a Micromeritics ASAP2020 apparatus (USA). The UV-Vis diffuse reflectance spectra (DRS) of
the samples were carried out on a Varian Cary 500 Scan. The X-ray photoelectron spectrum (XPS)
was obtained by a PHI Quantum 2000 XPS (USA) with the C1s peak (284.6 eV) as a reference. The
photoluminescence (PL) spectrum was measured on a Hitachi F900 fluorescence spectrophotometer
(Japan). The electron spin resonance (ESR) spectrum was recorded using a Bruker model A300
spectrometer (Germany) to detect reactive species, with 5, 5-Dimethyl-1-pyrroline-N-oxide (DMPO)
as the spin-trapping agent. The Ag leaching in the catalyst was investigated by inductively coupled
plasma mass spectrometry (Avio 200, Perkin Elmer) in the photocatalytic ozonation process.

3.2. Photocatalytic Ozonation Experiments

To evaluate catalytic activity of the catalysts, all experiments were conducted in the customized
tubular quartz container (diameter: 50 mm; height: 250 mm) equipped with a sampling aperture, a long
straight quartz tube (ϕ6*1 mm) inserted into the bottom as ozone inlet. In a typical process for phenol
removal, the tubular reactor contained a 160 mL suspension with 50 mg/L of phenol (pH = 6.8) and 0.5
g/L of the catalyst, surrounded by four portable UV lamps (Philips, BL 6W/10, 365 nm, Netherlands)
and the gaseous ozone was continually bubbled into the reactor via the ozone inlet at a flow rate
of 50 mL/min. During the run, a certain volume of the suspension was extracted from the reactor
at each regular interval and then the supernate was obtained by using a 0.22 μm microfilter for the
phenol and the TOC analysis. The phenol concentration was determined by high performance liquid
chromatography (HPLC) with a UV detector at 270 nm. The mixture of acetonitrile and water (30%/70%,
v/v) was used as the mobile phase with a flow rate of 1.0 mL/min. The total organic carbon (TOC) of the
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phenol solution was analyzed with a Shimadzu TOC-VCPH analyzer. Additionally, single ozonation,
photocatalysis, and adsorption experiments were carried out as contrast experiments under similar
conditions. To achieve the adsorption-desorption equilibrium of the phenol/catalyst, the suspension
was stirred for 30 min in the dark before the reaction for all experiments.

4. Conclusions

Ag/ZnO nanocomposites were successfully synthesized by a simple photodeposition approach and
the catalysts were applied in the photocatalytic ozonation of organic wastewater. In comparison to bare
ZnO, Ag/ZnO showed enhanced catalytic performance in the phenol removal and its mineralization,
and the highest activity was achieved over 1.5 wt%Ag/ZnO. The synergy between photocatalysis and
ozonation for phenol mineralization was also observed over Ag/ZnO, and it exhibited robust stability
in the cyclic runs. Mechanism studies revealed, Ag loading promotes the separation and transfer
efficiency of electron-holes on the surface of ZnO by virtue of the formed heterojunction between Ag
and ZnO, thus more active species (•OH and •O2

−) are produced to drive the oxidation reaction for
the advanced treatment of the organic pollutants. This investigation demonstrates an approach in
developing efficient catalysts to advance photocatalytic ozonation for water decontamination.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4344/9/12/1006/s1,
Figure S1: The N2 adsorption-desorption isotherms for ZnO and 1.5 wt% Ag-ZnO, Figure S2: the SEM image and
EDX analysis for 1.5 wt% Ag-ZnO after the reaction, Figure S3: The mineralization of tetracycline hydrochloride in
different oxidation processes, Figure S4: The radical trapping experiments in the photocatalytic ozonation process
using 1.5 wt% Ag/ZnO as a catalyst, Table S1: The recent reports on ZnO-based catalysts for phenol removal,
Table S2: The ICP analysis of the Ag/ZnO samples.
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Abstract: Formation of disinfection byproducts (DBPs) in drinking water treatment (DWT) as a
result of pathogen removal has always been an issue of special attention in the preparation of safe
water. DBPs are formed by the action of oxidant-disinfectant chemicals, mainly chlorine derivatives
(chlorine, hypochlorous acid, chloramines, etc.), that react with natural organic matter (NOM),
mainly humic substances. DBPs are usually refractory to oxidation, mainly due to the presence of
halogen compounds so that advanced oxidation processes (AOPs) are a recommended option to
deal with their removal. In this work, the application of catalytic ozonation processes (with and
without the simultaneous presence of radiation), moderately recent AOPs, for the removal of humic
substances (NOM), also called DBPs precursors, and DBPs themselves is reviewed. First, a short
history about the use of disinfectants in DWT, DBPs formation discovery and alternative oxidants
used is presented. Then, sections are dedicated to conventional AOPs applied to remove DBPs and
their precursors to finalize with the description of principal research achievements found in the
literature about application of catalytic ozonation processes. In this sense, aspects such as operating
conditions, reactors used, radiation sources applied in their case, kinetics and mechanisms are
reviewed.

Keywords: ozone; catalytic ozonation; photocatalytic ozonation; disinfection by-products; natural
organic matter; humic acids; drinking water; chlorination

1. Introduction

Safety of drinking water has always been a concern for humankind from at least
500 BC when natural materials were used to purify water [1]. However, it was not until the
end of the Middle Age when significant steps in the treatment of water were noticed. In
fact, the discovery of the microscope at the end of the 16th century was, years later in 1850,
the milestone to know the reason of pandemic problems associated to the use of water.
With the aid of microscopes the presence of pathogens in drinking water was discovered
and the use of disinfectants would become soon later. Specifically, in 1854 chlorine was
first used in London to remove bad odors coming from sewers. Although at that time
the disinfectant power of chlorine was not yet well known, the role of contaminated
water to spread pandemic illnesses had already been confirmed with the cholera epidemic
of London [2]. In 1879 chlorine was first used as a disinfectant also for sewage and in
1903 in drinking water treatment plants [3]. Since then, chlorine has been widely used
for some other operations in drinking water treatment such as taste and odor removal,
keeping safe water distribution systems, biofouling control, and color removal, to cite a
few. For more than 70 years, chlorine was used with great success as a water disinfectant.
However, water chlorination began to be questioned after the US National Organics
Reconnaissance Survey [4] that revealed the presence of halogenated compounds in 80
USA drinking water plants in 1975. This survey was based on previous studies of Rook [5]
and Bellar et al. [6] in 1974 sponsored by the United States Environmental Protection
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Agency (USEPA) that initiated a work on the analysis of contaminants in rivers such as the
Mississippi River at New Orleans [7]. In these works, six main halogenated compounds
were identified: Four trihalomethanes (CHCl3, CHCl2Br, CHClBr2, and CHBr3), CCl4 and
1,2-dichloroethane [8]. Soon after, many more halogenated compounds, both of volatile
and non-volatile nature, were detected in chlorine disinfected water and municipal
wastewater secondary effluents. These compounds were not previously present in the
untreated waters. For instance, Glaze and Henderson, in 1975, [9] detected in a municipal
secondary effluent 39 halogenated compounds of aromatic and aliphatic type with one
to at least four chlorine atoms in their molecules to give a total 3 to 4 mg L−1 of Cl.
These halogenated compounds took the name of disinfection byproducts (DBPs) and the
concern about their possible toxic character prompt the development of four questions
and subsequent research lines: Which were the organic precursors of DBPs? what kind of
alternative disinfectants could be applied? which different groups of DBPs were formed?
and what toxicity these compounds have? A brief description about the findings of these
research lines is presented below.

2. Nature of Chlorinated DBPs Precursors

There are multiple and variable natural substances present in surface waters that
mainly come from plant degradation and animal wastes. Most of them are constituted by
macromolecules containing numerous aromatic and aliphatic structures to which other
simpler compounds, both of natural or anthropogenic origin, can be linked such as sugars,
amino acids, metals, or pesticides [10,11].

These macromolecules are called humic substances that are mainly formed by three
fractions: Humic and fulvic acids and humin [12,13]. Humin is not soluble in water and
the acid fractions can be separated after precipitation of humic acid at pH = 1. They are
mostly colored from yellow to black and of high molecular weight. Up to 90% of total
dissolved organic carbon (DOC) in surface waters is due to humic substances with fulvic
acid as the major contributing fraction with about 80%. In surface waters, DOC can reach
up to 60 mg L−1 but the usual concentration ranges from 1 to 6 mg L−1 [14]. Figure 1
shows an example of this type of macromolecules where it can be seen the presence of
polyphenol structures.

Figure 1. General structure of humic acids.

These polyphenol structures contain nucleophilic points where electrophilic sub-
stances such as chlorine can react. These reactions are responsible of halogenated com-
pounds formation [15]. For instance, the molecule of resorcinol that can be found forming
part of some humic macromolecule reacts with chlorine as shown in Scheme 1:
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Scheme 1. Mechanism of halogenated compounds formation from the reaction of hypochlorous acid with resorcinol in
water: (Way 1): Volatile Chloroform and dichloroethane and (way 2): Non-volatile dichloro and trichloroacetic acids.

As it is seen from Scheme 1 the electrophilic agent (chlorine or hypochlorous acid)
attacks the ortho position in the benzene molecule with respect to both hydroxyl groups.
This position is strongly activated by the hydroxyl groups becoming a nucleophilic point.
Also, chlorine reacts with simpler molecules such as ketones through the well-known
haloform reaction [16] shown in Scheme 2.

Scheme 2. Reaction of haloform formation (from [16]).

It should be noted that there are other compounds formed during the treatment of
water when oxidants or disinfectants (chlorine, ozone, advanced oxidation processes, etc.)
are applied. Precursors of these compounds are other pollutants, most of them of anthro-
pogenic origin, such as pesticides, polynuclear aromatics, pharmaceutical compounds,
and products of personal care [17–19]. These reaction products are also called DBPs
because the reactive agent is a disinfectant. In this work, however, only DBPs coming
from disinfection of drinking waters originated in reactions of disinfectants with humic
and fulvic acids or generally called natural organic matter (NOM) are considered [20].
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3. Alternative Disinfectants to Chlorine

The first possible disinfectant agents to be applied in water treatment alternatives
to chlorine were ozone ([21]) and UV radiation. Table 1 shows the oxidation potential of
main oxidants that can be used in drinking water treatment and their relative value with
respect to that of ozone.

Table 1. Oxidation power of some oxidizing-disinfectants of drinking water 1.

Oxidant-Disinfectant Oxidation Potential, V Relative Oxidation Power 2

Ozone 2.07 1.00
Hydrogen peroxide 1.77 0.86
Potassium permanganate 1.49 0.72
Hypochlorous acid 1.49 0.72
Chlorine 1.36 0.66
Hypobromous acid 1.33 0.64
Chlorine dioxide 1.28 0.62
Monochloramine 1.16 0.56

1 At 25 ◦C, relative to hydrogen electrode. 2 Based on ozone.

It can be seen that ozone has the highest oxidizing power among these disinfectants
and its oxidation potential is 1.39, 1.52, 1.62, and 1.78 times more oxidant than hypochlor-
ous acid, chlorine, chlorine dioxide, and monochloramine, respectively [22]. These values
are in accordance with the CT parameter that gives a measure of the disinfectant power.
CT is the product of the disinfectant concentration and the detention time [23]. This reac-
tion time is that needed for the 10% of the water flow through the disinfection contactor
be in contact with the indicated disinfectant concentration. CT varies with the nature of
pathogen, disinfectant, and disinfection level to be reached. Accordingly, the lower the
concentration or the detention time the higher the disinfection power. Table 2 shows, as
an example, CT values for the four drinking water chemical oxidants to remove from
water two logs or 99% of some microorganisms. It can be seen that in all cases ozone
presents the lowest CT values with monochloramine as the weakest disinfectant [23].
Below some comments about chlorine alternative oxidant-disinfectants are given with
special emphasis on ozonation.

Table 2. CT values of drinking water disinfectants to inactivate 99% of some pathogens 1.

Pathogen Chlorine
Chlorine
Dioxide

Chloramine Ozone

E. Coli 0.034–0.05 0.4–0.75 95–180 0.02
Rotavirus 0.01–0.05 0.2–2.1 3810–6480 0.006–0.05
G. Lambia Cyst 47–150 - - 0.5–0.6
G. Muris 30–630 7.2–18.5 1400 1.8–2.0

1 pH between 6 and 7 except for chloramines with pH between 8 and 9 [23]. CT values in mg L−1min.

3.1. Ozone

Ozone, similar to chlorine, was first used as bactericide at the end of the 19th century.
The first drinking water treatment plant (DWTP) using ozone as disinfectant was in the
small city of Oudshorrn in Holland in 1893. After that, ozone was applied, always for
disinfection purposes in other cities, such as Wiesbaden, Germany, in 1901, but the first
important city using ozone was Nice, France, in 1906. This plant, called Bon Voyage,
has been using this oxidant-disinfectant since then [21]. Application of ozone in DWTP,
however, experienced a great boost after trihalomethanes (THMs) discovery in chlorinated
drinking water and, also, years later, from 1987, when Glaze et al. defined the advanced
oxidation processes (AOPs) after studying the combination of ozone, hydrogen peroxide
and UVC radiation to yield hydroxyl free radicals [24]. During the second part of the
20th century most of the fundamentals of ozone chemistry in water had already been
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uncovered [25]; and consequently, its possible application for water treatment [23]. Ozone
can react with DOM through two possible routes: Direct reactions on nucleophilic points
or addition reactions on unsaturated moieties (double and triple carbon bonds) that
form H2O2:

O3+Nucleophilic points/–C = C– Direct reactions−−−−−−−−→ H2O2+Intermediates (1)

At high pH it predominates the indirect reaction or reaction with hydroxyl radicals
formed in ozone decomposition [26].

O3+OH− → free radicals → HO• ⇒ HO•+Organics Indirect reactions−−−−−−−−−→ Intermediates
(2)

Many ozone reactions with humic substances are of the electrophilic substitution
type. These reactions are faster than those with chlorine because the highest oxidizing
power and oxidation kinetics of/with ozone [27–29]. In Schemes 3 and 4, the Criegge
mechanism, the reaction of ozone with a double carbon bond, and an electrophilic aro-
matic substitution reaction of ozone with the carbon hydrogen bond in ortho position
with respect to the hydroxyl group of a phenol molecule are, respectively, shown [30].

Scheme 3. Cycloaddition of ozone to a carbon double bond.

Scheme 4. Electrophilic aromatic substitution reaction of O3 with phenol.
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These are selective fast reactions of ozone with unsaturated compounds and nucle-
ophilic points of organics. Furthermore, in these reactions hydrogen peroxide is formed.
The reaction of the ionic form of this oxidant with ozone constitutes the main initiation
step of hydroxyl radical formation mechanism in ozone involving advanced oxidation
processes [27]. Regarding Scheme 4, after hydroxyl substitution in the phenol molecule,
aromatic ring breaking is followed due to the cycloaddition of another ozone molecule
and, finally, other ozone addition reactions to unsaturated carboxylic acids formed lead
to low molecular weight saturated carboxylic acids. These acids, aldehydes and, in some
cases, ketones are usually the end products of ozone reactions which are not precursors of
halogenated compounds with the exception of some ketones. Then, previous utilization of
ozone to chlorination allows significant reduction of trihalomethane formation potential
(THMFP) or halogenated compounds formation potential (TOXFP). In case of high alka-
linity, hydroxyl radical oxidation takes place to also yield similar byproducts that direct
ozone reactions. Another advantage of ozone is its high capacity for being combined
with other agents (oxidants, catalysts, and/or radiation) to yield more hydroxyl radicals,
what are called ozone AOPs. This has implications even on THMs or TOX removal
since ozone alone is not reactive with many halogenated compounds. On the contrary,
hydroxyl radicals generated in ozone AOPs can react with THMs or TOX. However,
some ozone DBPs can also be harmful, for instance, when water contains bromide ion.
In this case, bromoform and hypobromous acid are formed and, eventually, depend-
ing on the conditions, bromate ion, an important priority pollutant. Then, the levels of
bromide in surface water needs surveillance if ozone is used for THMFP and TOXFP
control. Some considerations about bromate control have been specifically reviewed in
Section 9. Also, the ozone dose has to be controlled because if added very low, it could
increase the precursors concentration due to partial oxidation of first TOX precursors.
For instance, water samples containing 1 mg L−1 1,3-cyclohexanedione, a DBP precursor,
treated with an ozone dose of 30 mg L−1 during 15 and 30 min and then diluted 100 times
and chlorinated (1 mg L−1 Cl2 dose) led to CHCl3 concentrations of 77 and 15 μg L−1,
respectively, while without preozonation, CHCl3 formation was 50 μg L−1 [31]. Ozone
added at very high dose could form bromoform and other brominated organics such as
bromohydrines [32]. In spite of its faster kinetics through two possible routes and high
disinfectant and oxidizing power application of ozone also present another drawback: It
cannot be used as residual disinfectant and chlorine or another residual disinfectant has
to be used at the end of a DWTP. In any case, the residual disinfectant dose needed in a
DWTP with a pre-ozonation step is much lower than in a conventional process without
pre-ozonation, especially when a biological activated carbon step is placed after ozonation.
For example, Langlais et al. [23] reported that chlorine demand was reduced from 4.5 mg
L−1 to 3.5 and 2.7 mg L−1 when water from St. Rose treatment plant in Laval (Canada)
was treated with rapid sand filtration, rapid sand filtration and ozonation, and rapid sand
filtration plus ozonation and biological activated carbon, respectively. The savings in
chlorine dose were in some case comparable to the cost of ozonation [23].

3.2. Chlorine Dioxide

Chlorine dioxide started to be used in DWTP in 1944, that is, much later than chlorine
or ozone. The first application of chlorine dioxide in DWTP was for taste and odor control
in Niagara Falls, State of New York. Then, it was most commonly used for bleaching in
textile industries [21]. Depending on the way of synthesis, concentration and presence or
not of chlorine, chlorine dioxide may lead to THMs or TOX formation while reacting with
humic substances. Chlorine dioxide when used alone no THMs or TOX is formed but
accompanied by chlorine, which could be formed in its preparation method, halogenated
compounds can appear in the treated water. In a detailed studied, Rav-Acha [33] already
described the main reactions and mechanisms of chlorine dioxide with many organics
including humic substances. He concluded that since the main way of chlorine dioxide
reaction with these substances is as one electron acceptor, its reactions a more selective
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and mainly yield quinones, hydroquinones and low molecular weight aldehydes and
carboxylic acids. For instance, Scheme 5 shows a proposed mechanism of reaction of
chlorine dioxide and phenolate, also a precursor molecule of TOX [33].

Scheme 5. Reaction of chlorine dioxide and phenol, from [23].

It is shown that the final products are p-benzoquinone and hypochlorous acid but
some amount of chlorite is also formed. The presence of hypochlorous acid is likely
responsible of TOX formation when precursor molecules are in excess [34]. More informa-
tion about chlorine dioxide DBPs and toxicity is given in Sections 4 and 5.

3.3. Chloramines

Chloramines are formed in the reaction of chlorine with amine in a three consecutive
steps where mono, di and trichloramine are formed:

HClO + NH3 → NH2Cl + H2O (3)

HClO + NH2Cl → NHCl2+H2O (4)

HClO + NHCl2 → NCl3+H2O (5)

For practical cases, it is monochloramine the species used as disinfectant. The way of
chloramine formation, from addition of chlorine to amine or vice versa, already present in
water or by adding a previously prepared monochloramine solution to the water, highly
affects the appearing of chlorinated byproducts because of the free chlorine remaining in
the first two cases [35]. However, even in the case of monochloramine solution application
to water, hypochlorite (at alkaline pH) or hypochlorous acid (at acid pH) eventually will
appear in water due to monochloramine hydrolysis. Then, using monochloramine as
disinfectant always leads to chlorinated organics. Monochloramine is the less effective
disinfectant and oxidant species among the four reviewed in this work but its capability
of forming chlorinated organics is also the lowest. As a consequence, chloramines,
depending on the TOXFP of the water, can be recommended as secondary disinfectant
for the control of DBPs because their residual disinfectant property. A different question
arises when talking about nitrogen containing disinfection byproducts (NDBPs) such as
haloacetamides (HAcAm). In this case, chloramination may result in a higher formation
potential of these compounds than chlorination.

3.4. UV Disinfection

Although chemical disinfectants are used in DWTPs because of the need of a residual
disinfectant and DBPs control, the use of UV disinfection of water is highly extended
due to some advantages over chemical oxidants as reported by Song et al. [36]. These
advantages are the absence of DBPs, low health risk, easy operation and maintenance,
minimum reaction time, and high disinfection power. However, problems associated
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to UV disinfection arise when treating natural waters containing humic substances.
Efficiency of disinfection highly depends on the transparency of water and the presence
of colored water due to humics reduces the UV absorption and lower pathogen removal
rates. This negative effect could be reduced by increasing the energy dose and lowering
the wavelength of emitted radiation but at a higher cost.

3.5. Other Disinfection Processes

Literature also gives examples of water disinfection processes different from the use
of chemical oxidants or radiation though some of them are intimately related with them.
This happens, for example, with the simultaneous use of radiation and a semiconductor
catalyst, that is, photocatalytic oxidation [37]. This process has the attractive possibility
of using solar light to excite the catalyst [38,39]. In photocatalytic oxidation, an AOP
process, hydroxyl radicals generated can inactivate microorganisms, including viruses,
bacteria, spores, and protozoa. However, since hydroxyl radicals are strong oxidants,
DBPs similar to those found in ozone processes can be produced and cytotoxicity of
catalyst particles requires further studies. Other examples of disinfection processes
are based on membranes [40], hydrodynamic cavitation [41], nanoparticles such as in
photocatalysis or in membranes [42], or with magnetic materials [43]. However, more
work is needed so that these processes can be put into practice.

4. Nature of DBPs from Classical Oxidant-Disinfectants Agents Used in DWTPs

Soon after the uncover of THMs in chlorinated drinking water many works were
carried out to ascertain the nature of generated products not only from chlorine but also
from the application of the other alternative oxidants commented before. One of the
first studies on this matter was carried out by Coleman et al. in 1980 [44] who identified
400 compounds from a chlorinated fulvic acid extract. Among these compounds, polynu-
clear chlorinated aromatic hydrocarbons and polychlorinated biphenyls represented an
important fraction. Also, regarding DBPs of alternative oxidants, Glaze in 1986 [45]
published a review on ozonation DBPs, highlighting the formation of hydroperoxidic
byproducts, unsaturated aldehydes and hypobromous acid or even permanganate ions,
the two later from the oxidation of bromide and manganous ions, respectively. Regarding
chlorine dioxide DBPs, at that time, Werdehoff and Singer in 1987 [46] reported some
TOX and THMs formation from chlorine dioxide oxidation of humics. They also checked
that these chlorinated organic compounds were mainly due to residual chlorine formed
accompanying the synthesis of chlorine dioxide. They also reported the formation of
chlorite ion as main inorganic byproduct. Throughout these last three decades, a lot of
work has been done on DBPs identification [32] and some reviews on this matter have
been published [47]. Also, published studies report works not only on DBPs identified
from chlorination [48], but also from chloramination [49,50], ozonation [32], and chlorine
dioxide NOM oxidation [51,52]. Most of identified DBPs come from water chlorination
and mainly involve organochlorine compounds but some treat the presence of brominated
(Br-DBPs) and iodinated (I-DBPs) DBPs formed from chlorine, ozone or chlorine dioxide
when natural waters contain bromide or iodide, respectively [32,53]. In these works,
oxidation of bromide and iodide yields hypobromous and hypoiodous acids, respectively,
which in turn oxidize NOM to form Br-DBPs and I-DBPs. Also, from the oxidation of
chlorine, ozone or chlorine dioxide, bromite, and iodite are formed that in a fast step are
oxidized to bromate and iodate, respectively.

DBPs are classified as regulated (R-DBPs) and non-regulated (NR-DBPs) whether or
not some maximum contaminant level (MCL) has been imposed from official government
environmental organizations such as USEPA or the European Chemical Agency (ECA),
(called standard values in this case). Regulated DBPs are among the most halogen organics
identified. These are four out of ten THMs: Those containing chlorine and bromine and
five out of nine haloacetic acids (HAAs) (only with chlorine and bromine atoms): Mono,
di and trichloroacetic acids and mono and dibromoacetic acids. For total THM, USEPA,
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and ECA have imposed MCL (or standard values) of 80 and 100 μg L−1, respectively,
while for total HAAs, MCL are 60 μg L−1 imposed for both official organisms. Regarding
inorganic DBPs, bromate has 10 μg L−1 and chlorite 1000 and 250 μg L−1, also from
these organizations, USEPA and ECA, respectively. The rest of the identified DBPs are
non-regulated and main family groups are listed in Table 3 with some representative
example compound. Many of these DBPs are formed from chlorination but also from
chloramination, ozonation and chlorine dioxide application. Richardson et al. [54] in an
extensive and detailed review gives numerous examples of DBPs from the oxidation with
the four mentioned disinfectants and from sequential oxidations such as ozonation or
chlorine dioxide treatment followed by chlorination or chloramination. New DBPs are
continuously being identified as Pan et al. [55] did in 2017. These authors reported 13
new polar phenolic chlorinated and brominated DBPs or How et al., also in 2017 [56],
about organic chloramines. Literature shows detailed explanations about the formation
mechanisms of these DBPs which are out of the scope of this work.

Table 3. Family groups of unregulated DBPs identified in water during disinfection processes,
representative compounds and average detection concentration levels (ADC) 1.

NR-DBP Family Group Representative Compound ADC, μg L−1

Halogenated compounds
THMs 4 Iodoform 0.2 2

HAAs 4 Bromochloracetic acid <1 1

Halonitromethanes chloropicrin (trichloronitromethane) 0.5 2

Haloacetonitriles dichloroacetontrile 3.08 2

Haloacetamides dichloroacetamide 1.62 2

Haloamines N-chloroaminoacetic acid 3 -
Haloaldehydes trichloroacetaldehyde 3.67 2

Haloketones trichloropropanone 3.55 2

Halofuranones
MX:
3-chloro-4-(dichloromethyl)-5-
hydroxy-2(5H)-furanone

<1.0 1

Haloquinones 2,6-Dichloro-1,4-benzoquinone <1.0 1

Iodinated DBP
(other than THM and HAACs) Iodoacetaldehyde <1.0 1

Halogencyanide Cyanogen chloride 1.54 2

Non halogenated compounds
Aldehydes Formaldehyde 3.46 2

Ketones Dimethylglyoxal <1.0 1

N-Nitrosamines N-nitrosodimethylamine 0.01 2

1 Richardson et al. [54] also shows other less important family groups. 2 From [57]. 3 From [58]. 4 Regu-
lated DBPs.

5. Issues Related to DBPs Toxicity

As it was reported in the 1970s the reason for applying alternative disinfectants
to chlorine was the potential toxic character of THMs and other halogenated organics
found in finished chlorinated drinking water [59]. Specifically, the US National Cancer
Institute in 1976 published that chloroform was carcinogenic in rodents [60]. Soon after,
epidemiological studies suggested some relation between chlorinated drinking water
and the occurrence of bladder, colon, and rectal cancer [61,62]. Since then, many studies
on the evaluation of safety and hazard of DBPs have been reported [63]. According
to DeMarini [64], at present, 20 out of 22 DBPs are rodent carcinogens, more than 100
genotoxic and 1000 water samples have been found to be mutagenic. It has been shown
that brominated DBP are more carcinogenic than the chlorinated ones [54] and genotoxic-
ity and cytotoxicity decrease in the following order for halogenated DBPs: Iodinated >
brominated > chlorinated [65]. Generally, every DBP evaluated is genotoxic [64]. Com-
paring chlorinated and ozonated DBPs, the former are more genotoxic than the latter,
at least, with Salmonella [66]. Regarding the way of DBPs exposure, some works [67]
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have reported higher cancer risk with the inhalation/dermal way than with oral intake.
From inhalation or dermal way, volatile DBPs go directly to the blood stream, bypassing
the liver, and once in the bladder they can be activated by some mutagen. From oral
intake, DBPs go first to the liver where they could be detoxified. This is particularly
important in swimming pool water and bath spa water where, in addition, many nitrogen
containing DBPs (N-DBPs) have been found likely due to urine present in these waters.
N-DBPs like nitrosamines have been found even more cytotoxic and genotoxic than their
corresponding halogenated organics [68].

6. The Role of AOPs in the Removal of Precursors and DBPs

Different AOPs have been applied to eliminate NOM or formed DBPs in a refinement
stage focused on drinking water production. AOPs are capable to completely mineralize
organic contaminants at mild operating conditions of pressure and temperature though
the balance between cost and mineralization requirements is a key issue. At moderate
conditions, partial oxidation of NOM components into more reactive compounds to form
DBPs can occur. In contrast, a very high mineralization is usually expensive and may not
be economically feasible. This section reviews some of the main issues concerning the
application of different AOPs for NOM and DBPs removal.

6.1. Elimination of Precursors or DBPs Formation Potential

Advanced oxidation processes have been studied for DBPs precursor removal due
to their oxidation ability through hydroxyl radical (HO•) fast and non-selective reac-
tions with organic compounds [69,70]. However, research efforts are needed in terms
of improved efficiency, development of less expensive installation and operating condi-
tions [70].

DBP formation potential (DBPFP) represents the level of the formation of different
DBPs (or total TOX) in the worst scenario using high excess of disinfectant. This a useful
tool to assess the effectiveness of a specific treatment to remove the DBPs precursors,
mainly NOM. Since 1980 the number of publications related to AOPs applied to NOM or
surrogate removal to reduce DBPFP has progressively increased. The search presented in
Figure 2 shows the number of publications in JCR (source WOS) between 1980–2020 and
includes different combinations of the keywords: Advanced oxidation, natural organic
matter, disinfection by-products, trihalomethanes, haloacetic acids, halonitromethanes,
haloketones, haloacetamides, ozone; and their abbreviations, for drinking water treat-
ment.

Figure 2. Reports in AOPs and ozone-AOPs for DBPFP or NOM removal for drinking water in the last 40 years.
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Matilainen and Sillanpää [71] and Sillanpää et al. [70] comprehensively reviewed
the application of AOPs for the removal of NOM in the periods between 2006–2009 and
2010–2016, respectively. This section is focused on the abatement DBPs precursors, mainly
NOM, highlighting the formation of DBPs and some key factors in the application of AOPs
for DBPFP removal without the aim of compiling all the research found. The application
of these processes to the elimination of other microcontaminants in surface water such
as pharmaceuticals or personal care products without subsequent DBPs analyses are not
reviewed here.

6.1.1. Classic Ozonation Processes

The first study published by Glaze et al. [72] was focused on the degradation of
natural trihalomethane precursors by O3 and O3/UVC processes in raw waters with
high DOC levels. They found that secondary precursors of greater refractivity were
produced by ozonation but they could be simultaneously destroyed by UVC combined
with ozone. This was due to the formation of high concentration of hydroxyl radicals in
the combined process, less selective than ozone, favoring indirect reactions to some extent.
Since then, the works in the last two decades of the 20th century have been mainly related
to classical ozone based-AOPs, with the main aim of increasing the production of hydroxyl
radicals compared to O3 alone, O3/H2O2, O3/UVC, O3/H2O2/UVC and also the process
H2O2/UVC [73]. These processes are well established and have been deeply investigated
at lab scale, pilot scale and even at full-scale [74]. In general, the oxidation changes the
nature of NOM structures into more hydrophilic compounds, being hydrophobic fractions
(humic and fulvic structures) the main responsible for THMs and trihaloacetic acid
formation, whereas the more hydrophilic ones are related to dichloroacetic acid generation
and the formation of higher concentration of brominated DBPs [75–77]. In this line, even
with the highest THMs and HAAs formation potential removal by combined O3/UV
treatment, bromine-containing DBPs present increased toxicity being the conditions
between oxidant and UV dose crucial to minimize the risks [78]. Also, the particular
characteristics of the NOM play a key role in the suitability of a specific treatment [70,79].

In addition to the classical ozonation and ozone-AOPs, homogeneous and heteroge-
neous catalytic treatments such as Fenton-related, photocatalytic oxidation or persulfate
processes, have been studied for NOM or surrogates elimination in drinking water [69–
71].

6.1.2. Fenton Related Processes

Fenton reaction involves the combination of hydrogen peroxide and a metal salt
or oxide catalyst, commonly iron, to produce hydroxyl radicals responsible for NOM
oxidation and mineralization through the following main reactions:

Fe2++H2O2 → Fe3++OH−+HO• (6)

Fe3++H2O2 → Fe2++H++HO•2 (7)

The presence of radiation in photo-Fenton process accelerates the reduction of Fe3+

improving the yield of HO• generation:

Fe3++H2O hν−→ Fe2++H++HO• (8)

Murray and Parsons [80] studied the elimination of NOM through Fenton and photo-
Fenton using UVC as radiation source. They found that the three treatments at optimum
conditions reached 90% removal of DOC (DOC0 = 7.5 mg L−1), dropping THMFP from
140 to below 10 μg L−1. The economic assessment disfavored these processes compared
to conventional treatments but neither the use of a different radiation source nor the
possibility of a more restrictive regulation (not only THMs), were considered. In this
line, Moncayo-Lasso et al. [81] treated surface water by solar photo-Fenton in a CPC
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reactor (compound parabolic collector) using natural sunlight. They demonstrated the
performance of the process to mineralize up to 80% of NOM (TOC0 = 7.44–7.81 and
4.12–5.02 mg L−1) from surface water containing dissolved iron or with Fe2+ supplement
at pH = 5. They found a beneficial effect of photoactive natural components present in
the natural water on the process leading to a more efficient mineralization than using
dihydroxy-benzene as a model compound. Unfortunately, the DBPFP before and after
chlorine disinfection was not analyzed in this work either the formation of other oxidation
by-products. Moncayo-Lasso et al. [82] also studied the photo-Fenton process using
simulated solar radiation to eliminate NOM at pH = 6.5, which introduces an advantage
with respect to Fenton related treatments usually carried out at pH near 3. They used Fe3+

at low concentration for the treatment of surface water with TOC0 = 7.1 mg L−1, demon-
strating the effectiveness of the system for the transformation and partial mineralization
of NOM previously treated with a sand filter system. The THMFP dropped from 160 to
20 μg L−1 at the optimum conditions. However, the transformation of NOM can lead to
different DBPs precursors that have not been considered in these works.

6.1.3. Photocatalytic Oxidation

Heterogeneous photocatalysis based in the interaction of a semiconductor, mainly
TiO2, with radiation to produce reactive oxidizing species (ROS) is a complex mechanism
that can be generally described by the following reactions:

TiO2
hν−→ h++e− (9)

h++(H 2O, OH− , Ti−OH)→ HO• (10)

e−+O2
[...]−→ HO• (11)

where organic molecules can react both in the catalyst surface with photogenerated holes
(h+) or in the liquid phase with hydroxyl radicals or other ROS.

Photocatalytic oxidation using suspended TiO2 for NOM removal has been stud-
ied by different authors. Lee and Ohgaki [83] observed an initial increase in THMFP
at short treatment times with the system TiO2/UVC and different surface waters with
DOC0 = 1.1–3.5 mg L−1. This effect has been subsequently observed by different au-
thors with different surface waters using TiO2/UVA [84,85]), TiO2/UVC [86] and even
TiO2/solar radiation [87]; concluding, in general, that sufficient radiation doses are needed
to achieve the desired elimination, depending on raw water characteristics, and an initial
negative impact of photocatalysis on DBPFP is expected at low UV doses.

Apart from suspended TiO2, Murray and Parsons [88] studied different supported
TiO2 demonstrating that can be effective combined with UVC for NOM removal. Later,
Murray et al. [89] studied pelletized TiO2 to adsorb NOM from different surface waters
(DOC0 = 17.0–5.4 mg L−1) at bench scale and then used UVC to regenerate the TiO2
pellets by oxidation. They observed a reduction of DOC concentration of source water by
70% with the subsequent THMFP reduction in a multistage process. Also Kent et al. [90]
compared the efficiency of suspended and fixed TiO2 using nanostructured thin films and
UVC with river water (DOC0 = 5.34 mg L−1). No complete DOC elimination was reached
but they obtained removals of total trihalomethane formation potential (TTHMFP) and
total haloacetic acid formation potential (THAAFP) of approximately 20% and 90%,
respectively, being fixed TiO2 configuration less effective than suspended TiO2.

6.1.4. Sulfate-Radical Processes

Sulfate radical-based AOPs are based on the generation of SO•−4 radicals from
persulfate (PS) or peroxymonosulfate (PMS) activation by temperature, metal ions, solid
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catalysts, radiation, ultrasound, etc. For NOM removal and DBPFP reduction, mainly
homogeneous metal ions or UV activation have been used:

S2O2−
8 +Mn+ → M(n+1)+SO•−4 +SO2−

4 (M = metal ion) (12)

HSO−5 +Mn+ → M(n+1)+SO•−4 +HO− (M = metal ion) (13)

S2O2−
8 +hν→ 2SO•−4 (14)

HSO−5 +hν→ SO•−4 +HO• (15)

SO•−4 +H2O → SO2−
4 +HO•+H+ (16)

Lu et al. [91] studied the system Co2+-PMS and reported the NOM reconfiguration
upon exposure to sulfate radicals with a great increase in the DBPFP, concretely chloro-
form, trichloroacetic acid, and dichloroacetic acid. Also, the formation of reactive bromine
species through SO4

•− and Br− reaction was demonstrated.
Hua et al. [92] studied the DBP alteration from NOM and model compounds after

UV/PS treatment and subsequent chlorination. They found that the yields of THMs
and dichloroacetonitrile (DCAN) from NOM decreased by 50% and 54%, respectively,
after UV/PS followed with chlorination, whereas those of chloral hydrate (CH), 1,1,1-
trichloropropanone and trichloronitromethane (TCNM) increased by 217%, 136%, and
153%, respectively. They demonstrated the impact of different structures of the precursors
on DBP formation through different surrogates (benzoic acid, resorcinol or methylamines).
Wang et al. [93] also studied Br-DBPs during UV/PS oxidation demonstrating the potential
negative effects of Br− on sulfate radical-AOPs, which need to be considered if this
technology is applied in practice. In the same line, Wang et al. [94] studied the formation
of iodinated DBPs during heat activated PS using phenol as model compound in the
presence of iodide. They concluded that I− was transformed into free iodine leading to
iodinated DBPs that can further be degraded by additional SO4

•− and transformed to
iodate. All these works highlight the crucial impact of sulfate radicals in the presence of
bromide, iodide or chloride.

6.1.5. Chlorine/UV Process

The combination of chlorine/UV has been recently studied for NOM degradation.
With radiation of sufficient energy, the photolysis of hypochlorous acid and hypochlorite
can lead to hydroxyl and chlorine radicals as follows:

HOCl � H++ClO− pKa = 7.58 (17)

HOCl + hν→ HO•+Cl• (18)

ClO−+hν→ O•−+Cl• (19)

O•−+H2O → HO•+OH− (20)

Pisarenko et al. [95] investigated the generation of DBPs during NOM degradation
by combination of chlorine (electrochemically generated or from hypochlorite solution)
with UVC and UVA radiation. They found that Cl• and HO• radicals generated oxidized
NOM from river water (DOC0 = 2.6 mg L−1) and different surrogates (o-methoxybenzoic
acid and 4,6-dioxoheptanoic acid) increasing HAA formation but with no negative impact
on THM formation. UVC resulted in lower overall DBP formation than UVA. Also, Wang
et al. [96] studied the process at pilot scale with river water (DOC0 = 1.5–3.5 mg L−1).
They concluded that the treatment was effective and the DBPs formed were comparable
to that from H2O2/UV also tested. The main drawback was the formation of chlorate
during the treatment up to 17% of the total chlorine used. Liu et al. [97] reported the
formation of DBPs in the system chlorine-chloramine/UVC. They found that the mass
ratio of HOCl to NH2Cl played a key role in the control of DBPs formation and that the
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presence of Br− increased DBPFP but it can be reduced with higher radiation doses (Br−
transformed to bromate).

6.1.6. Electrochemical AOPs

Electrochemical AOPs (EAOPs) have been mainly applied for wastewater more
than for drinking water treatment due to technical and economic aspects [98]. Trellu
et al. [99] studied the removal of humic acids from drinking water by anodic oxidation
and electro-Fenton processes. They concluded that EAOPs are promising processes for
the production of high quality organic-free water, particularly when BDD anode is used
but no disinfection by-products were analyzed. Mao et al. [100] compared conventional
ozonation with electro-peroxone (E-peroxone, E-H2O2/O3) in the removal of NOM (DOC0
= 3.2 mg L−1). They found that E-peroxone was less efficient at reducing chlorination
DBPs. However, the formation of bromate was significantly reduced in the combined
treatment. More research is needed in these processes and their combinations to boost the
application in real conditions.

6.1.7. Some Considerations on AOPs for DBPFP Removal

Many studies have determined that the application of AOPs operating with limited
energy or chemical inputs can lead to an increase in the DBPFP as compiled Mayer
et al. [101]. Therefore, intensified treatments with high enough oxidant concentration
or exposure time are required. In this scenario, the effectiveness of ozone-based AOPs
for DBPFP depletion for drinking water treatment has led to the investigation of other
catalytic and photocatalytic ozone treatments with the aim of improving the use of ozone.
These processes are deeply reviewed in Sections 7 and 8.

6.2. DBPs Removal

Although DBPs can be controlled through removing NOM in the drinking water
treatment process, it is not only difficult to remove NOM completely, but DBPs are
inevitably produced when the remaining chlorine is released to rivers and reacts with
NOM. Because of variability in DBPs characteristics, complete elimination from drinking
water by single technique is impossible. A quick search in database Scopus with key
words “disinfection by-products removal AND oxidation processes” give more than two
hundred entries.

6.2.1. Ozone Based Processes

Ozone-based processes, other than catalytic/photocatytic ozonation, have been used
for removing DBPs from water supplies. As it can be inferred from Table 4, N-nitrosamines
and chloroacetic acids (CAAs) are the main disinfection by-products investigated. N-
nitrosamines are highly toxic disinfection by-products formed in drinking water treatment
process. More than 80% of N-nitrosamines are carcinogenic, teratogenic and mutagenic.
USEPA has classified N-nitrosodimethylamine (NDMA) as a probable human carcino-
gen [102]. N-nitrosamines cannot be sufficiently removed during conventional water
and wastewater treatment processes and could permeate through reverse osmosis (RO)
membrane filtration in water reclamation systems. In this sense, NDMA degradation by
ozone-based AOPs has been investigated. However, these works indicated that conven-
tional ozonation had very limited effect on NDMA oxidation [102]. Zhang et al. [102]
found that, compared with UV irradiation, ozone was less effective for the abatement of N-
nitrosamines. Less than 20% of N-nitrosamines were oxidized after ozonation. However,
when 2 mg L−1 of H2O2 was added into ozonation system, the degradation efficiencies
of N-nitrosamines were significantly improved. Xu et al. [103] investigated the removal
efficiency of NDMA using UV/O3 and evaluated the ability of UV/O3 to diminish the
regeneration of NDMA after degradation. It was showed that 99% NDMA removal was
achieved both in UV and UV/O3 system, while the oxidized fraction of NDMA was only
10% at pH = 6 by ozone alone ([O3]0 = 6.6 mg L−1 (0.14 mM), [NDMA]0 = 0.1 mM). The

91



Catalysts 2021, 11, 521

introduction of ozone during the UV process had little influence on NDMA removal,
but had a large impact on NDMA degradation products. Lee et al. [104] compared the
efficiency of conventional ozonation and the AOP (O3/H2O2) for NDMA oxidation. The
degradation effectiveness of NDMA was only 13% ([NDMA]0 = 1 mM) at pH = 7 and
12 min contact time, by 40 mM ozone alone. In contrast, 85% of NDMA was removed
by the AOP (O3/H2O2, [O3]0 = 40 mM, [O3]0/[H2O2]0 = 2) under the same reaction
conditions. It appeared that the reaction with HO• radicals dominated NDMA ozonation,
and methylamine (MA) was the primary amino product of this NDMA oxidation. In this
sense, Lv et al. [105] investigated the degradation of NDMA by ozonation. The effects of
initial NDMA concentration (50–800 ng L−1), ozone dosage (0.02–0.2 mM), and pH (5–8)
were studied in detail in the context of NDMA degradation. The amount of removed
NDMA increased as the initial NDMA concentration rose ([O3]0 = 4.8 mg L−1, pH =
7.6). Higher ozone dosage ([NDMA]0 = 400 ng L−1, pH = 7.6) and pH enhanced removal
efficiency. Increasing pH was favorable for NDMA oxidation ([O3]0 = 0.1 mM, [NDMA]0
= 400 ng L−1). Inhibition of NDMA degradation was observed when a hydroxyl radi-
cal scavenger, t-butanol, was added during the ozonation process. Hydroxyl radicals
generated from ozone played a critical role in the degradation of NDMA.

Table 4. Works on DBPs removal by ozone-based processes.

Target DBPs
Processes
Applied

Reactor and
Experimental Conditions

Main Results Ref.

9 N-nitrosamines O3
O3/H2O2

1 L glass beaker with magnetic
stirring.
30 min degradation experiments;
room temperature (21 ◦C);
[N-nitrosamines] = 100 ng L−1;
[H2O2] = 2 mg L−1;
[O3] = 1.5 mg L−1

O3/H2O2 process got the
highest removal efficiency of
36.6% (NDMA)—91.4% (NDBA)
among all the investigated
methods. In comparison,
ozonation merely removed less
than 20% of N-nitrosamines
(except NDphA for 29.3%).

[102]

Chloroacetic acids
MCA
DCA

O3/H2O2
O3 (pH = 11)

Planar falling film reactor. Seven
UVA lamps (15W, 360 nm) fixed
inside the reactor.
Intensity UV light: 1 mW cm−2;
water flow rate: 1 L min−1,
volume 0.5 L; [CAA] = 1 mM;
pH 3, pure gaseous oxygen rate
of 10 L h−1, ozone gas with 130
± 5 mg L−1 ozone at a power of
30 W.

Chloroacetic acids are highly
resistant towards direct
ozonation in the darkness as
only about 2% degradation was
observed after 90 min treatment
(pH 3). However, increasing the
pH of the solution to 11 shows a
dramatic improvement in the
degradation efficiency and by
the combination of O3 with
H2O2.

[106]

NDMA in ultrapure
water and natural
water (River
Sanhaowu)

O3 (pH = 7.6)

Batch and continuous
experiments. A sealed
cylindrical reactor with a volume
of 5 L. The reactor was stirred
mildly and set in the dark at
room temperature (24 ± 1 ◦C).
Buffer solution (5 mM phosphate
and 1 mM carbonate, prepared
with ultrapure water) and pH
7.6). [O3]0 = 0.1 mM (4.8 mg
L−1), [NDMA]0 = 400 ng L−1.

Ozonation was an efficient
process for NDMA degradation.
The removal efficiency was
affected by initial NDMA
concentration; higher NDMA
dosing required higher ozone
utilization. NDMA oxidation
was favored at high ozone
dosage and high pH. NDMA
ozonation under various pH as
well as hydroxyl radical (HO•)
inhibition experiments verified
that HO• generated from ozone
dominated NDMA oxidation.

[105]
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Table 4. Cont.

Target DBPs
Processes
Applied

Reactor and
Experimental Conditions

Main Results Ref.

DCA in aqueous
media.

O3
O3/UVC

The photo-reactor was a cylinder
made of Teflon™ closed at both
ends with two demountable, flat,
circular windows made of
quartz. Reactor length 5.2 cm,
and the inner diameter 5.2 cm
(VRirra = 110.4 cm3). Dissolved
ozone concentrations of 1.46 to
2.1 × 10−7 mol cm−3. 15 and 40
W lamps. [DCA]o = 20, 40 and 50
ppm; pH 3.5 ± 0.1.

O3 or UVC by themselves did
not result in appreciable
decomposition of DCA.
Conversely, the O3/UV
combination can be considered a
suitable process for degrading
DCA in water. The combination
of ozone and UVC radiation
produces a significant amount of
hydrogen peroxide as an
important reaction by-product.

[107]

NDMA in distilled
water. O3/UVC

A cylindrical glass reactor with
700 mL valid sample bulk.
Low-pressure Hg lamp (8W,
emission at 253.7 nm). [NDMA]0
= 0.1 mmol L−1, pH 6.0,
irradiation 1000 W cm−2,
[O3]0 = 6.6 mg L−1.

UV irradiation and the UV/O3
combination are effective
methods for NDMA removal
from drinking water. The
introduction of ozone into the
UV process had little influence
on the effectiveness of NDMA
removal. However, it had a great
influence on the formation of
degradation products from
NDMA. As the main products,
DMA and NO2− decreased
markedly in the UV/O3 process
compared with UV irradiation.

[103]

DCA
TCA

O3
O3/UVC
O3/H2O2
O3/H2O2/UVC

A cylindrical stainless steel
column (2 L vol.). Its diameter
and height are 100 and 300 mm,
respectively. Inside the reaction
column is a quartz well
containing a UV lamp with a
diameter of 30 mm and a height
of 300 mm—a 15-W low pressure
mercury vapor lamp (254 nm).
Ozone adding (mg min−1): 0.3
± 0.06; [H2O2]o = 2.5 mg L−1;
wavelength of UV lamp (nm):
254; power input of UV lamp
(W): 15; reaction volume (L): 2;
Initial DCA and TCA
concentration (mg L−1): 2.0.

O3/UV showed to be more
suitable for the decomposition of
DCA and TCA in water among
the six methods of oxidation.
Decomposition of DCA was
easier than TCA by AOPs.

[108]

NDMA in buffered
deionized water and
natural waters.

O3
O3/H2O2

500 mL glass bottle equipped
with a dispenser.
([NDMA]0 = 1 μM, [O3]0 = 40
μM, ratio of [O3]0/[H2O2]0 = 2.
10 mM phosphate buffer.

In experiments with natural
waters, NDMA could not be
significantly oxidized during
conventional ozonation. In the
AOP O3/H2O2, ozone doses of
160–320 mM ([O3]0/[H2O2]0 =
2:1) were necessary for > 50%
NDMA oxidation depending on
the HO• scavenging rates of the
natural waters. Bromate
formation may be the limiting
factor for NDMA oxidation
during ozonation and
ozone-based AOPs in bromide
containing waters.

[104]
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On the other hand, it is well known that CAAs are widely present in water treated
by chlorination processes and are resistant against ozonation in the darkness. The results
obtained by Hama Aziz [106] showed that single ozonation was an inefficient method
for the destruction of the CAAs as only about 2% degradation was observed after 90 min
treatment (pH = 3). However, increasing the pH of the solution to 11 showed a dramatic
improvement in the degradation efficiency. The fast decomposition of ozone molecule
in alkaline solution (pH > 9) to generate powerful and non-selective hydroxyl radicals
resulted in efficient degradation of organic pollutants. The addition of hydrogen peroxide
to ozonation process, also improved monochloroacetic acid (MCA) and dichloroacetic
acid (DCA) degradation. Lovato et al. [107] studied DCA decomposition in aqueous
media employing ozone and UVC radiation. The influence of various parameters, such
as pollutant initial concentration (20–50 mg L−1), radiation photon fluency rate at the
reactor window and ozone dissolved concentration (1.46 to 2.1 × 10−7 mol cm−3) was
studied. Oozne or UVC by themselves did not result in appreciable decomposition of
DCA within the studied reaction time (180 min). Conversely, the O3/UV combination
can be considered a suitable process for degrading DCA in water. Also, the combination
of ozone and UVC radiation produces a significant amount of hydrogen peroxide as an
important reaction by-product. Finally, Wang et al. [108] studied the decomposition of
DCA and trichloroacetic acid (TCA) from water by means of single oxidants: Ozone, UV
radiation; and by the AOPs constituted by combinations of O3/UV radiation, O3/H2O2,
O3/H2O2/UV radiation. Single O3 or UV did not result in perceptible decomposition of
HAAs within the applied reaction time (30 min). O3/UV showed to be more suitable for
the decomposition of DCA and TCA in water among the methods of oxidation tested.

6.2.2. Ozone Free Processes

Regarding other than classic ozonation treatments [109], Table 5 shows the most
illustrative works dealing with advanced oxidation systems used for removal of DBPs in
water supplies in the last 25 years.

Table 5. Works on DBPs removal by ozone free processes.

Target DBPs
Processes
Applied

Reactor Configuration Experimental Conditions Ref.

THMs
HAAs
HANs
HKs

Heterogeneous
Fenton-like reaction +
GAC filtration.

Pilot plant that includes mixing
tank, mechanical flocculation
tank, tube settler, sand filter
column, intermediate water tank,
heterogeneous Fenton column,
active carbon column,
water-producing water tank and
automatic control device.

The design flow of single-set
process is 2 m3 h−1. Poly
aluminum chloride (PACL):
30 mg L−1; dosage of H2O2 is
0.15 mM (5 mg L−1).

[110]

MCA
DCA
TCA

UVA/TiO2;
UVA/BiOCl.

50 mL quartz reactor with a
recycling water glass jacket.
Light source a 500 W xenon
lamp (simulated sunlight,
containing 4% UV light).

T = 298 K, 40 mg BiOCl/TiO2
(P25) (1g L−1) dispersed in 40
mL model pollutant (20 mg L−1).
Reaction time: 60 min.

[111]

TCA

Advanced
oxidation/reduction
processes (AORPs):
the vacuum UV (VUV;
185 nm + 254 nm).

A tubular glass photoreactor.
Internal diameter of 25 mm and
a height of 400 mm. Working vol
of 100 mL. 5.7 W dichromatic
low-pressure mercury UV lamp
emitting UV at two distinct
wavelengths (185 and 254 nm).

50 mg L−1 TCA, pH = 7; reaction
time = 20 min.

[112]
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Table 5. Cont.

Target DBPs
Processes
Applied

Reactor Configuration Experimental Conditions Ref.

THMs Photo-Fenton process:
UV/Fe/H2O2

Photochemical reactor equipped
with a 254 nm low-pressure
mercury UV-C lamp. Stirred
with magnetic bar.

The average fluence rate was
0.93 mW cm−2. T (25–31 ◦C).
Reaction time: 60 min. CFe(II) =
2 mg L−1. CH2O2 = 20 mg L−1.
pH = 7.2–7.4; CHCl3=163.6 μg
L−1, CH2BrCl = 145.3 μg L−1,
CHBr2Cl = 131.8 μg L−1, CHBr3
= 124.6 μg L−1.

[113]

DCA
TCA

A combination of
Ferrate [Fe(VI)] and UV
irradiation.

Self-made photoreactor (effective
volume 0.5 L) equipped with a
cooling system and placed on a
magnetic stirrer. A 75-W
low-pressure mercury UV lamp
(λmax = 365, 310, and 254 nm,
respectively) with
0.225 mWcm−2 intensity placed
in the center of the reactor.

Experimental design: HAAs
100–1000 μg L−1; pH: 3–9; Fe (VI)
10–40 mg L−1; time 5–60 min.

[114]

4HANs
9THMs
4 HAcA
4 HAcAm
Chloropicrin
500 nmol each

Reductive electrolysis.

Norit GAC (0.4 g) placed in a
1.5 cm × 4 cm cylinder
constructed from sheet graphite
to serve as the working cathode.
It was then transferred to the
cathodic chamber of an
electrolysis cell.

A constant potential of
−1000 mV vs. SHE was applied
to the cathode, while cathodic
chamber was continuously
stirred with a Teflon-lined
magnetic stir bar.

[115]

TCA
TiO2 photocatalytic
process combined with
Fenton reagent.

Self-made cylindrical reactor
with cool water recycling cloth
and a UV light tube. The UV
light (kmax = 254 nm) 50 W low
pressure mercury lamp placed in
the center of the reactor and
equipped with a protective
quartz tube.

Irradiation intensity was about
35 Mw cm−2; TCAA aqueous
solution (150 mL) containing
TiO2. Flow rate of 40 mL min−1

of O2. [TCA] = 0.01 mmol L−1,
UV irradiation intensity= 35 mW
cm−2, [TiO2] = 1.0 g L−1, [Fe2+]
= 0.1 mmol L−1, [H2O2] =
1.8 mmol L−1, natural pH = 6.

[116]

TCA

Ferrate(VI) a
multipurpose chemical,
is used as coagulant
and oxidant.

Self-made photoreactor (effective
volume 0.5 L) equipped with a
cooling system and placed on a
magnetic stirrer.

Initial pH of solution (3–9),
ferrate (VI) dosage
(1–10 mg L−1), contact time
(5–60 min), trichloroacetic acid
(100–1000 μg L−1), and initial
turbidity (1–10 NTU).

[117]

TCA
Fenton with TiO2
photocatalytic
oxidation.

Self-made photoreactor
equipped with cool water
recycling and a UV light tube.
50 W low-pressure mercury
lamp placed in the center of the
reactor and equipped with a
protective quartz tube.

Irradiation intensity was about
35 mW cm−2. TCA aqueous
solution (150 mL, 2 mg L−1).
[TiO2] = 1.0 g L−1, [Fe2+]0 =
5.6 mg L−1, m(Fe2+):m(H2O2) =
1:10, intensity (UV) =
35 mW cm−2, flow rate (O2) =
40 mL min−1. pH = 5.8 (without
adjustment).

[118]

THMs
EPA method 551/1 UV/ZnO/H2O2

A photoreactor equipped with
4 UV lamps in the reactor
corners.

5 mL of concentrated solution
(30%) H2O2; 0.5 g of ZnO in
100 mL of drinking water
samples with constant reaction
time (1hr) and UV irradiation.

[119]
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Table 5. Cont.

Target DBPs
Processes
Applied

Reactor Configuration Experimental Conditions Ref.

4THMs Sonophotolytic
degradation.

Rectangular shape of
stainless-steel reactor (L100,
W100, H250) and ultraviolet
lamps (4). Transducer was
located in a bottom of the
reactor.

The applied ultrasonic frequency
was 500 kHz and the electrical
powers were 0–52.55 W.
Electrical power of each lamp
was 10.5 W. 10 mg L−1 of THMs
mixture (1.5 L).

[120]

TCA
A sequential Fe0 (zero
valent iron) and BAC
column system.

Fe0 column and a BAC column
made of glass, 30 cm in length
and 3 cm in id.

1.2 μM TCA; pH of the feed
water was approximately 6.0.
The feed was initially treated by
the Fe0 column (BET was
1.3 m2 g−1) and then the BAC
column.

[121]

17 DBPs (i.e.,
halomethanes,
haloacetonitriles,
halopropanones,
chloral hydrate,
and trichloroni-
tromethane) at low
concentration
(μg L−1)

Electrochemical
reduction using a resin
impregnated graphite
cathode.

Flow-through electrochemical
reactor consisting of two
polycarbonate frames (internal
dimensions of 20 × 5 × 1.2 cm).

The cathode potential from −700
to −900 mV vs. SHE. [122]

TCA
High-frequency
sonoelectrochemical
methods.

A sonoreactor (0.5 L of volume)
consisting of a cylindrical flask
equipped with a cooling jacket
where the electrodes (18 cm2 on
each side) were placed.

0.5 mM TCAA aqueous solution;
850 kHz ultrasonic irradiation,
titanium cathode, and a
platinized titanium anode.

[123]

MCA
DCA
TCA

Iron-based bimetallic
particles: Two kinds of
dry Pd/Fe
nanoparticles (Pd/Fe−1

and Pd/Fe−2).

A series of glass vials (60 mL).
The vials were sealed with
Teflon-lined rubber septa and
aluminium cap.

Pd content = 0.1 wt%, Pd/Fe
loading = 3 g L−1, initial
concentration of chloroacetic
acid = 20 mg L−1, and reaction
time = 180 min.

[124]

4THMs Photocatalysis with
TiO2 (slurry).

Photo-Cat Lab consists of an air
compressor for oxygenation of
the system; eight 75-watt,
low-pressure, mercury arc bulbs
in series; and a
submicron-pore-size ceramic
membrane filter that produces
TiO2-free effluent.

Batch configuration. Process
flow rate of 25 L min−1; initial
system volume of approximately
16 L. the average intensity of the
UV bulbs was approximately
7.0 Mw cm−2. 400 mg L−1 TiO2.

[86]

MCA
DCA
TCA

Photocatalytic
degradation over
various bare and
silver-deposited
Degussa P25 TiO2

particles.

A medium scale (V = 2.5 dm3)
photochemical reactor.

Irradiation performed under
anaerobic and aerobic conditions.
Flow rate of gases (air and Ar)
was 40 dm3 h−1; light source
(40 W, λmax = 350 nm), initial
concentration of TiO2 (rutile,
anatase, P25) was 1 g dm−3.
initial concentration of MCA,
DCA, and TCA was adjusted to
be 1 mM.

[125]

DCA
TCA

Electrochemical
treatment
(dehalogenation).

Packed-bed flow reactor. The
reactor was composed of two
glass compartments separated
by a cationic exchange
membrane.

Initial concentration of HAAs
10.5 mM. Flow rate: 1 mL min−1;
electrolysis potential:
−0.200–−0.400 V (vs. SCE).

[126]
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Table 5. Cont.

Target DBPs
Processes
Applied

Reactor Configuration Experimental Conditions Ref.

4THMs

Ultrasonic (US)
irradiation, hydrogen
peroxide (H2O2),
Fenton’s oxidation,
US/H2O2 and
US/H2O2/Fe2

200 mL conical closed glass
reactor kept in a temperature-
controlled bath

THMs solute mixture, at
10 mg L−1 for each compound,
in deionized water. Initial pH
adjusted to 3.5 by 1N H2SO4.
250–500 mg L−1 H2O2 and
20–40 mg L−1 Fe(2+).90 min
reaction.

[127]

4THMs
Iodoform (CHI3) Sonodegradation

200 mL conical closed glass
reactor kept in a temperature-
controlled bath

100 mL aqueous solution at
25 ◦C. frequency of 20 kHz;
acoustic intensity 3.75 W cm−2;
initial pH 5.4–5.8.

[128]

4 THMs
CHI3

Sonodegradation
200 mL conical closed glass
reactor kept in a temperature-
controlled bath.

Ultrasonic frequency of 20 kHz.
presence of inorganic
components. increase the
ultrasonic intensity, from 0.9 to
7.0 W cm−2. the power density,
from 0.123 to 0.368 W mL−1.

[129]

4THMs
CHI3

Ultrasonic irradiation
200-mL conical closed glass
reactor kept in a
temperature-controlled bath.

Ultrasonic irradiation 20 kHz.
Acoustic intensity 3.75 W cm−2,
and the power density 0.184 W
mL−1. initial pH 5.4–5.8
without buffer addition. Initial
conc. of THMs 10 mg L−1.

[130]

MCA
DCA
TCA

Photodegradation in
the presence of
titanium dioxide
suspensions.

Reaction vessel 350-mm long
quick fit condenser tube.
Connections to a thermostatic
water bath. Two mercury vapor
greenhouse lamps were used to
mimic sunlight radiation (λ >
400 nm).

250 cm3 of approximately 0.1
mol dm−3 solutions of the
HAAs. 0.1 g of finely powdered
titanium dioxide was added as
a photocatalyst.

[131]

MCA
DCA
TCA
MBA (bromoacetic
acid)

Iron Fe (0) particles. Batch experiments. 125 mL
serum bottles.

Aqueous HAA solution
buffered at pH 7.5 with 50 mM
deoxygenated MOPS. 0.3 g of
iron and rotated at 45 rpm.
Different Initial HAA
Concentrations: 15–405 μM.

[132]

TCA

Ultraviolet (UV)
photolysis, ultrasound
(US) sonolysis and their
combination.

Quarz reactor immersed in a
thermostathic bath. Two UV
lamps located on either side of
the sample reactor.

TCA (2.89 × 10−4 M). Vreacción
36 mL. pH 3.5; T = 30 ◦C.

[133]

HAAs:
TCA
TBA (tribromoacetic
acid)
CDBA
(chlorodibromoacetic
acid)
BDCA
(bromodichloroacetic
acid)

Reduction with
zerovalent iron (Fe0).

Batch experiments (glass serum
bottle).

0.5 g of Fe(0) in 36 mL of DI
water. Desired conc.
(100–200 μM). RT up to 94 h.
No pH buffer employed. Initial
pH values ranged 3.62 to 4.14
and final rose to 5.60 to 6.23.

[134]
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Table 5. Cont.

Target DBPs
Processes
Applied

Reactor Configuration Experimental Conditions Ref.

4THMs Fentons Reagent.

The reactors consisted of 54 mL
Pyrex test tubes filled to
capacity with stock THM
solution, plus Fenton’s reagent,
and sealed with septum-fitted
screw caps.

pH = 3.5 [THM]o = 37.2 μg L−1

each [H202] = 3.7 Mm; [Fe 2+] =
0.19 mM.

[135]

TCA
Photocatalysis with
TiO2 and thermal
decomposition.

Photocatalysis: The reactor
equipped with a suprasil-glass
adapter for the UV-lamp.
Reaction vessel has inlet and
outlet ports of Teflon tubes for
bubbling air and N2. The
apparatus was closed. Thermal:
A double-walled thermostated
jar of glass was used.

0.5 g TiO2 were suspended in
500 mL aqueous solution
containing 10 mmol (20 mM) of
trichloroacetic acid. 20 W-Hg
low pressure lamp.

[136]

As it can be seen from Table 5 among the various harmful DBPs removed from
water supplies, HAAs are the most investigated. As it is known, they are the second
most important DBPs after THMs and are highly stable and non-volatile compounds.
Trichloroacetic acid (TCA) and dichloroacetic acid (DCA), the two main fractions of HAAs,
are important because of their potential risks to human, aquatic, and plant life. Thus,
realizing the danger of chloroacetic acids, different advanced oxidation techniques or
electrochemical methods are proposed to eliminate them from water. A great deal of
effort has been devoted to HAAs removal by biological activated carbon (BAC) processes.
However, it has generally been found that while mono- and di-HAAs are relatively easily
biodegradable, tri-HAAs are recalcitrant to biodegradation [121].

The breaking of C-Cl bond can result in the degradation of chloroacetic acids. TCA
and degradation by-products can be reductively removed by zero valent iron (ZVI) or
bimetallic particles. Reduction of HAAs through dehalogenation by using zero valent iron
(Fe0) or other element-doped Fe0 (such as the bimetallic Pd/Fe, Cu/Fe and Si/Fe) have
been reported [134]. In contrast to the order of HAAs biodegradability, the susceptibility of
HAAs to Fe0 reduction normally follows the order of tri-HAAs, di-HAAs, and lastly mono-
HAAs. Di- and mono-HAAs were usually observed as the dehalogenation intermediates
or end-products [121]. However, the potential release of metal ions affects water quality,
leading to secondary pollution in long term. Electrochemical reductive dechlorination
is efficient for TCA, and the stepwise dechlorination from TCA and DCA to MCA is
achieved [126]. Because the degradation of TCA, DCA, or MCA strictly depends on
current density, electrodes are easily corroded by high current in this electrochemical
process. To increase the degradation efficiency of TCA and simultaneously protect the
electrodes, Esclapez et al. [123] have developed a hybrid sonoelectrochemical process at
a low current density and obtained satisfying dechlorination efficiency. Summarily, the
break of C-Cl bond is an efficient degradation channel for TCA in ultrasonic (and sono-
photolytic degradation [133]) or electrochemical or special reductive reagents reaction,
and Cl−, DCA, MCA and CO2 are the major by-products in aqueous solution [116].

In addition, the breakage of C-C bond can also produce the removal of chloroacetic
acids. In this sense, decomposition of mono-, di-, and trichloroacetic acid in aqueous
titania suspensions was studied by several researchers [111]. It has been concluded that
two types of reactions may be responsible for the TiO2-mediated photodegradation of
chloroacetic acids: (1) Direct reactions between the photogenerated charge carriers and
the organic molecules and (2) reactions of hydroxyl radicals or other oxygen containing
radicals with the organic molecules [125]. MCA and DCA are readily decomposed over
UV-irradiated TiO2 catalyst in aqueous media to form CO2 and HCl. On the other hand,
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using bare TiO2, TCA is degraded with a very low efficiency [111]. TCA has no C–H bond,
and such a molecule has been found to be hardly reactive in TiO2-based photocatalytic
systems. For that reason, an efficient Fenton assisted TiO2 photocatalytic hybrid process
have developed [116,118]. These works report that exists a noticeable synergetic effect
dominantly caused by the oxidation– reduction recycling reaction of Fe3+ ↔ Fe2+ between
Fenton and TiO2 photocatalytic oxidation. Also, an AOP based on combination of Ferrate
with UV illumination was investigated in terms of kinetics, by-products analysis and
application of surface methodology for degradation of CAAs [114].

On the other hand, the most significant group of DBPs formed during chlorination
is THMs. Compounds of this group: Chloroform, bromodichloromethane, chlorodibro-
momethane, and bromoform, were recognized as potential human or animal carcino-
gens [119], as detailed before. AOPs are promising techniques to efficiently and effectively
convert these compounds into better biodegradable or less harmful substances. Several
types of AOPs have been developed using Fenton Reagent [129], photo-Fenton pro-
cess [113], UV/ZnO nanocatalyst/H2O2 [119], photocatalysis with titanium dioxide [86],
ultrasonic degradation [127–130], and sonophotolytic process [120].

Finally, from Table 5, it can be concluded that major ozone-free processes tested for
DBPs removal have been photocatalysis and sonodegradation/sonophotolytic degrada-
tion. From an applied point of view, Gerrity et al. [86] studied different scenarios using a
pilot-scale TiO2 photocatalysis reactor. DBPs may form in clear wells prior to distribution
that could also be destroyed before the water is released into the distribution system.
Since photocatalysis will destroy a chlorine residual, the water would have to be rechlori-
nated prior to discharge. The authors concluded that when focusing on photocatalytic
destruction of DBPs rather than precursors and formation potential, several problems
still exist. Optimization of this process should be considered in future studies to address
some relatively high energy requirements and the need of rechlorination. In general, this
technology has a number of promising aspects but should be considered on a case-by-case
basis. Regarding to the high-frequency sonoelectrochemical methods for DPBs mitigation
have been applied in a laboratory scale, Esclapez et al. [123] claim that the use of the
electricity as unique reactant and the mineralization of the trichloroacetic acids and its
by-products make the sonoelectrochemical technology a serious alternative to current
technologies.

7. Elimination of DBP Precursors by Catalytic Ozonation Processes

In this section after description of some features about proposed mechanisms of
catalytic ozonation, literature about removal of DBP precursors or what is called DPBFP
is reviewed.

7.1. Catalytic Ozonation

Several strategies have been proposed to efficiently increase the generation of hy-
droxyl radicals during ozonation favoring indirect reactions. Many groups have started
to investigate a new ozone advanced oxidation process named catalytic ozonation, that is,
the simultaneous use of ozone and substances (catalysts) that activate its decomposition
to increase the formation of hydroxyl radicals and also to increase not only the removal of
pollutants from water but also the mineralization of the total organic carbon content [137].
Catalytic ozonation was starting, in fact, in the middle of 20th century, in 1949, with the
use of soluble catalysts, that is, with metal cations such as Co2+ [138]. However, this kind
of process was not feasible from health and environmental aspects since these catalysts,
as heavy metals, are contaminants. Hence, studies were oriented to the use of solid
materials of different nature, what it is called heterogeneous catalytic ozonation. It has to
be highlighted; however, that also what is called homogeneous catalytic ozonation is a
heterogeneous process since gaseous ozone is transferred to the water to react. Then, the
catalytic ozonation process where the catalyst is a solid was named the heterogeneous
catalytic ozonation process. According to WOS database in the last 10 years about 400
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publications have been reported in literature about heterogeneous catalytic ozonation.
Three main families of catalyst types have mainly been used since then: Metal oxide
catalysts, carbonaceous materials and ceramic materials [139]. More recently, however, a
new type of potential catalyst has appeared: Metal based organic frameworks (MOFs) of
high specific surface area and tunable pore structure [140,141]. In addition to this number
of publications some review works [142–145] have also appeared highlighting the main
aspects concerning this process.

As a summary, it can be said that works already published deal with synthesis
and characterization of catalysts, application of the new catalyst to remove some given
organics taken as model compounds, mechanism of the process, a few of them study
the kinetics and some also give data on toxicity, activity, and stability of the catalysts. In
addition to the diversity of results obtained which is the consequence of the different
methodologies, equipment, analytical procedures, etc., applied, the most relevant fact is
the high variation in the reaction mechanism proposed which is also due to the variability
of methods of catalyst preparation, analytical techniques, etc., and the lack of knowledge
about catalyst stability, by-products formed and ecotoxicity. In fact, the mechanism of
catalytic ozonation can be due to direct reactions of ozone or to reactions of hydroxyl
radicals coming from the decomposition of ozone on the catalyst surface. Usually, it
is expected that the mechanisms of catalytic ozonation fulfilled some of the following
requirements:

• Ozone adsorbed on the surface of the catalysts is decomposed into reactive species.
• Organic molecules are adsorbed on the surface of the catalysts with subsequent

ozone attacks.
• Both ozone and organic molecules are adsorbed on the catalyst surface and surface

reactions take place.

Steps of these mechanisms follow the well-known LHHW or ER mechanisms [146].
These mechanisms, as indicated above, may imply both the formation of hydroxyl radicals
or direct reactions between adsorbed ozone and target compounds. For instance, Liu
et al. [147] proposed the following simple mechanism for the catalytic ozonation of
nitrobenzene with a Zn/SiO2 catalyst:

ZnO/SiO2+O3 � S–HO (21)

S–HO → Fe3O4/CoO/Al2O3+HO• (22)

HO•+pCNB � Products (23)

where it is seen that hydroxyl radicals are formed as adsorbed species, then they are
release to water bulk to oxidize the organic compound. On the contrary, Andreozzi
et al. [148] for the catalytic ozonation of oxalic acid with a manganese oxide catalyst
reported the adsorption of the target compound (oxalic acid) to form a manganese oxalate
complex that then reacts with dissolved ozone, that is, as a surface direct reaction:

Mn(III)OH+
2 +C2O2−

4 � MnC2O−4 +H2O (24)

MnC2O−4 � Mn2++CO•−2 +CO2 (25)

MnC2O−4 +O3+2H+ → 2CO2+O2+MnOH+
2 (26)

Other examples of catalytic ozonation mechanisms have been reported with hy-
droxyl radicals or ozone (adsorbed or in solution) as main oxidants. Martins and Quinta-
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Ferreira [149] proposed the following LHHW mechanism for the Mn-Ce-O catalytic
ozonation of phenolic acids:

Mn–Ce–O + Phenolic acids(P) � P–S (27)

O3+S � O3–S (28)

P–S + O3–S → Products + Mn–Ce–O. (29)

Mechanism proposals are not limited to metal oxide catalysts. For example, Ikhlaq
et al. [150] studied the catalytic ozonation of some pharmaceuticals, volatile organic
compounds and carboxylic acids with a ZSM-5 zeolite constituted by xSiO2/yAl2O3.
They proposed a LHHW mechanism as shown in Scheme 6 where ozonation also goes
through a direct surface reaction between ozone and organic adsorbed species.

 

Scheme 6. Mechanism of catalytic ozonation over zeolite ZSM-5 [150] (Reprinted with permission of Appl. Catal. B: Environ,
154-155, Ikhlaq, A.; Brown, D.R.; Kasprzyk-Hordern, B., Catalytic ozonation for the removal of organic contaminants in
water on ZSM-5 zeolites, pg110-122. Copyright (2014), with permission from Elsevier).

On the opposite side, Zao et al. [151] reported a hydroxyl radical formation and
reaction when using a cordierite material (2MgO-2Al2O3-5SiO2) to catalyze the ozonation
of nitrobenzene:

Catalyst–OH + O3 → HO• (30)

HO•+NB → Products (31)

The authors confirmed the presence of hydroxyl radicals with the Spin trapping/
EPR technique.

Many examples are also given in literature on the use of carbonaceous materials
such as activated carbon, multi-walled carbon nanotubes, xerogels, and graphene ox-
ide [152–156] where these materials were used as main catalyst or as support of metal
oxides. Again, discrepancies are observed in the mechanism proposed. Thus, some
authors have reported that some functional groups of the catalyst surface can be modified
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by ozone, by enhancing the specific surface area, and decreasing the total volume of
the catalyst [157]. However, some others showed that, once the modified carbon was
ozonated, its specific surface area was slightly diminished, and the total volume of the
pores remained unchanged [158]. Another important issue is the in situ regeneration of
the catalyst, or the predominance of catalytic properties and adsorption–oxidation pro-
cesses in the catalytic ozonation process [157]. Other works have indicated that ozonation
reduces the catalytic properties of activated carbon due to a decrease of basic groups and
an increase in the number of oxygenated surface functional groups such as hydroxyl and
carboxylic acid groups and nitro aromatic compounds [159].

Most of the research works have been carried out with the objective of wastewater
treatment and with different organic pollutants such as dyes, pharmaceuticals, personal
care products or model molecules such as oxalic and phenol. Regarding to DBP precursors
or NOM removal, Table 6 summarizes the main results of reports on catalytic ozonation
for drinking water highlighting those in which DBPs are analyzed.

7.1.1. Catalysts

The main catalytic materials used for NOM or humic/fulvic acids removal were
metal oxides, ceramic materials, and carbonaceous materials and the properties more
frequently analyzed were composition (by XRD, XRF, or ICP), textural properties by N2
adsorption-desorption, pHpzc, and crystallinity by XRD. Some studies have also reported
surface composition by XPS or FTIR.

Among metal oxides, titanium dioxide, TiO2 has been used both in slurry reactors in
the form of suspended nanoparticles (mainly the commercial TiO2 P25) or supported in
different materials. The characterization of powder TiO2 P25 has been widely studied and
the main features were 50 m2 g−1 BET surface area, anatase/rutile ratio 80/20, crystallite
size 21 nm and pHpzc = 6.7 [167]. These studies [175] probed that at the conditions
used, no improvement was observed in THMFP removal from surface water compared
to ozonation, but less brominated species were formed in catalytic ozonation. On the
contrary, in another work [173], with higher catalyst loading but synthetic humic acid
solution, a positive effect in the THMFP removal of water treated by catalytic ozonation
was observed. The catalyst loading and the composition of NOM may play a key role in
the process (more information in Sections 7.1.3 and 7.1.4).

TiO2 has also been used supported onto different materials, mainly Al2O3, clays, and
zeolites. Many of these supports have also catalytic activity for ozone decomposition [143].
For the first time, Allemane et al. [187] studied TiO2/Al2O3 combined with ozone for the
degradation of fulvic acid and, at high O3 doses, the catalytic activity was demonstrated
but no DBPs were analyzed. In the same line, Volk et al. [186] observed higher mineral-
ization of fulvic acid using TiO2/Al2O3 than ozone alone with a decrease in the chlorine
demand of the treated water though no DBPs were detected. No characterization studies
were reported here. On the contrary, Gracia et al. [184,185] compared the catalytic activity
of TiO2 supported on Al2O3, attapulgyte (a clay) and silica gel for the degradation of
NOM. The best results in terms of mineralization of precursors were obtained with the
TiO2/Al2O3 catalyst whose main characteristics can be observed in Table 6, highlighting
again the importance of adsorption mainly related with the role of Al2O3, BET surface
area, pHpzc of the solid, characteristics of NOM and pH of the solution. Only the works
reported by Chen et al. [177] and Chen and Wang [170], using the same experimental set
up, checked the efficiency of TiO2/Al2O3 in the DBPs formation potential elimination
from surface water, obtaining a significant reduction up to 50% of THMFP and HAAFP in
the water treated by catalytic ozonation at the conditions tested (see Table 6).
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Different iron oxides/hydroxides have been studied for catalytic ozonation mainly
bare FeOOH, Fe2O3 and Fe3O4 or supported in different materials [143]. α-FeOOH-
goethite has been used in other studies that reported SBET 60–97 m2 g−1 and pHpzc near
7. The properties of this material for catalytic ozonation have also been deeply discussed
in Bai et al. [188]. In general, a higher efficiency in NOM mineralization was observed
by catalytic ozonation compared to ozone alone. Only Wang et al. [171] analyzed post-
chlorination DBPs in treated surface water and observed that THMs and HAAs were
highly reduced by catalytic ozonation (combined with biofiltration).

Regarding the supported Fe-catalysts, Karnik et al. [181,182] used Fe2O3 over a
ceramic membrane composed by Al2O3/ZrO2/TiO2 (no characterization reported) in the
hybrid catalytic ozonation/ultrafiltration system and studied the decomposition of ozone
in the membrane surface, obtaining a high removal of THMFP and HAAFP (higher than
85%) from surface water at the conditions shown in Table 6. Other authors supported
FeOOH or Fe2O3 species over zeolite [163] or natural pumice [161] and observed an
important catalytic effect of these materials in the degradation of synthetic humic acid
solutions but no DBPs were analyzed in their works.

Other metal oxides and composite materials have been tested as catalysts. Turkay
et al. [164,168] checked the effectiveness of CuO and ZnO nanoparticles with high crys-
tallinity in the degradation of humic acid and NOM from surface water studying the
possible mechanism by DFT modelling but no DBPs analyses. Wang et al. [166,178] stud-
ied the performance of RuO2 supported onto activated carbon, Al2O3 and ZrO2-CeO2
using oxalic acid, dimethyl phthalate as target compounds and also NOM from surface
water. They fully characterized the catalysts (see Table 6) with main differences between
SBET in AC supported catalyst. All the systems showed a high catalytic activity and im-
proved ozonation results. THM precursors reacted fast with ozone alone but the THMFP
and HAAFP were highly reduced in catalytic ozonation. Some aspects about the activity
and stability of these catalytic systems are commented in the next sections.

Different manganese materials also showed catalytic activity for ozonation of NOM
or humic and fulvic acids. Alsheyab and Muñoz [180] studied MnO2 and at the conditions
tested TOC removal improved from 67% in single ozonation to 79% in catalytic ozonation
(pH = 8.9). No characterization and no DBPs studies were reported. Recently, Salla
et al. [160] tested Mn2O3 as catalyst for humic acid ozonation that resulted in rapid ozone
decomposition, neither DBPs were studied. Only Chen and Wang [170] prepared a mixed
Fe-Mn oxide (8.17% Mn) with high surface area (262 m2 g−1) for NOM removal and
reduced THMs and nine HAA up to 70 and 75% respectively.

Cerium oxide have been used as support but also presented catalytic activity for the
process. Zhang et al. [179] synthetized CeO2 with pHpzc = 6.6 and high SBET = 117 m2 g−1.
The elimination of DOC from surface water was between 30–50% of different NOM
fractions compared to 3–6% obtained in ozonation alone. On the contrary, a similar
CeO2 material was tested by Wang et al. [165] that found that their adsorption capacity
exerted a negative effect in mineralization (lower than ozonation alone). Later, Zhang
and Wang [162] synthetized different CeO2-TiO2 composites and studied the Ce/Ti ratio
effect. They found that CeO2 main phase was cubic fluorite and the positive effect of Ce
content by increasing BET surface area because of lower crystallite sizes. An optimum
Ce/Ti ratio of 0.8 was found due to the high surface area (expected) and low pHpzc that
improved adsorption properties and lead to lower molecular weight organics from humic
acid degradation. Unfortunately, no post-chlorination DBPs were analyzed.

Regarding the use of carbonaceous materials as catalysts, though they have been
widely used in catalytic ozonation of different organic pollutants, a few studies have
been found for humic acid and NOM removal with post-chlorination and DBPs analyses.
Shioyama et al. [183] combined powder activated carbon with membrane filtration for
surface water treatment, which improved the performance of the subsequent membrane
system reducing DOC up to 59% and T-THMFP up to 75%. Gümüs and Akbal [163]
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also studied the degradation of humic acid with granular activated carbon reaching 48%
compared to 21% in ozonation alone though no DBPs were analyzed.

7.1.2. Catalytic Activity, Stability, and Reusability

No straightforward conclusions can be reached about the catalytic activity of the
different catalysts checked at different operating conditions. However, some of the
previous reported studies in Table 6 compare different materials that can differ in the
active phase or the support.

Allemane et al. [187] and Gracia et al. [184,185] compared different TiO2 catalytic
systems. In their work, the relevance of the support was pointed out, being Al2O3 the best
option that increased adsorption of NOM. The latter works also studied the stability of the
TiO2/Al2O3 catalysts in four reaction cycles of NOM catalytic ozonation at the operating
conditions in Table 6. A good stability was maintained with similar TOC, UV254, and pH
results after the four experiments.

Chen and Wang [170] compared the behavior of TiO2/Al2O3 and a Fe-Mn oxide in the
degradation of NOM and DBPFP of surface water. Fe-Mn presented the best performance
in O3 decomposition, DOC, UV254, and DBPFP removals. This was attributed to the
catalytic activity of Fe and Mn species and to the highest specific surface area of this
catalyst which improved the adsorption of NOM.

Also, the series of Wang et al. [166] demonstrated the importance of the support in
RuO2 supported catalysts. RuO2/ZrO2-CeO2 resulted highly efficient compared to Al2O3
or AC as support, although a high adsorption capacity can also mask mineralization
results. HAAFPs improved from 38–57% and THMFPs from 50–64% when comparing
catalytic ozonation and ozonation, but O3 alone reacts fast with THMs precursors. The
best performance is ascribed to the efficiency of the redox Ce4+/Ce3+ couple in the material
which enhances the catalytic activity of very well dispersed Ru species. This catalyst was
also more stable in continuous operation (only 48 h were checked with no Ru leaching).

The three works by Turkay et al. [164,167] have been performed using the same ex-
perimental set up and with quasi-similar operating conditions but with different catalysts.
They studied the catalytic behavior of CuO, TiO2 and ZnO nanopowders, respectively.
All the materials presented an improved DOC removal (from humic acid with the same
concentration and pH) which increased from 30% for ozone alone to 80% for CuO, 70%
TiO2 and 60% ZnO. Thus, CuO seems the most active catalytic system but, in terms of
stability, although not studied, probably TiO2 is a better candidate for future works since
Zn and Cu ions are easily leachable.

On the other hand, Wang et al. [165] compared the catalytic activity of FeOOH, CeO2,
and MgO. Whereas CeO2 presented a better UV254 removal, FeOOH and MgO showed
the best DOC mineralization results. In this work, adsorption onto CeO2 seems to play a
negative effect in its catalytic performance. The stability of all the materials was checked
by ion leaching and SEM and XRD of the used catalysts with no significant changes in
morphology or structural properties.

Recently, Salla et al. [160] compared classical Al2O3 with Mn2O3 catalysts in humic
acid degradation. The favorable surface charge of Al2O3 led to a better performance in
humic acid removal, but Mn2O3 promoted a faster decomposition of O3. This last catalyst
led to higher ozone consumption. Catalytic stability was studied in four consecutive runs.
Some catalyst deactivation is observed with changes in the oxidation state of Mn and Al
and the surface hydroxylation of both catalysts was observed by XPS.

Therefore, some controversial effects are still unknown such as the role of the ad-
sorption of some NOM species (NOM fractionation) onto the catalysts surface or the
true catalytic activity of the active species in comparable conditions. In terms of stability,
long term and deep characterization would be desirable to check the real applicability of
these materials.
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7.1.3. Reactors and Variables Studied

Bubble columns or vessels were used in semi-batch mode operation, batch for
liquid phase, continuous for gas phase have been usually selected for catalytic ozonation
processes. The catalyst, depending on the particle size, has been suspended in slurry or
fluidized bed reactors, or packed in fixed bed reactors. In any case, they are three-phase
reactors with gas–liquid–solid phases in which matter transfer will play a key role. Figure
3 shows a scheme of the typical ozonation experimental set up.

Figure 3. Experimental set up for catalytic ozonation experiments at lab scale [171] (From Wang,
Y.H.; Chen, K.C. Removal of disinfection by-products from contaminated water using a synthetic
goethite catalyst via catalytic ozonation and a biofiltration system. Int. J. Environ. Res. Public Health
2014, 11, 9325–9344. doi.org/10.3390/ijerph110909325).

In general, the installation is composed by an air or oxygen cylinder, an ozone
generator which sends the ozone gas into the reactor, in line ozone analyzers (at gas inlet
and/or gas outlet), mass flow controllers, and ozone destruction systems (KI solution,
AC filter or UV analyzers with catalytic destruction). The reactor usually comprises a
glass or acrylic column or vessel with variable volume (mainly 1–2 L) provided with
a bottom diffuser for ozone inlet which favors mass transfer, magnetic or mechanical
stirring, gas inlet, and gas outlet and sampling port. Some reactors are provided with
thermostatic baths for temperature control, and temperature or analytic probes (ozone,
pH) can be included in the reactor. Usually, the reactor is filled with the water to treat
having some head space for gas outlet. The catalyst is usually added, and a pre-adsorption
or homogenization time is spent before ozonation. Then the containing ozone stream is
bubbled into the reactor and the catalytic ozonation experiment begins.

Among the typical operating conditions studied are DOC concentration, pH, catalyst
loading, and ozone dose (Table 6). Ambient temperature was used in most of the works.
Regardless of natural surface water or synthetic humic or fulvic acid solutions, DOC val-
ues are usually in the range 2–10 mg L−1. Mortazavi et al. [176] detected a positive effect
of DOC increasing the apparent reaction rate of catalytic ozonation as DOC increased.

It is well-known the role of pH on ozone reactions that has been usually described
and commented in the introduction section. The application of the process for drinking
water makes sense at the pH of natural waters (pH 6.0–8.5) and most of the studies
are performed at natural pH. However, the relevance of pH in the NOM and catalyst
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charge has been evaluated. In this line, Salla et al. [160] assigned the best catalytic
performance of Al2O3 with higher humic acid adsorption and lower ozone dosage due
to favorable negative surface charge at the conditions studied (pH = 5.5 > pHpzc = 4.2).
This also affects the adsorption capacity of the catalysts for different NOM fractions
(acidic, neutral, hydrophilic or hydrophobic). On the other hand, Mortazavi et al. [176]
in their study evaluated the influence of pH on the catalytic ozonation performance of
bone charcoal to remove humic substances in the range of pH 2–12. They found that
heterogeneous catalytic ozonation contribution was much higher at low pH and ozonation
alone contribution increases with alkalinity due to the relative importance of indirect
ozone reactions. In addition, at pH = 8 < pHpzc = 8.5 of the catalysts, a positive catalytic
effect is still observed due to hydroxyl groups in the catalyst surface that act as Lewis acid
sites for ozone decomposition. Therefore, depending on the catalyst nature, the catalytic
effect could be improved also in alkaline solutions.

Catalyst loading is also an important parameter to optimize. The optimum dose
is highly dependent on the catalyst nature and on the particle size used. The range
used in the works reported in Table 6 for semi-batch experiments are as wide as 1 mg
L−1 for TiO2 in slurry, 10 mg L−1 for activated carbon or 30 g L−1 of TiO2/Al2O3. In
continuous operation, the space time (mass of catalyst/flow of water) ranged from
500–2000 g min L−1 [177]. In general, at sufficient ozone dose, the catalyst loading exerted
a positive effect on the degradation rate of NOM. However, experimental check is needed
in any different case.

In the same line, the optimization of ozone dose will mark the economic feasibility of
the process in terms of ozone consumption/power energy required for ozone production.
In general, research works reported in Table 6 applied high ozone dose and high ozone
concentration in the gas phase with common values ca 10 mg L−1. However, ozone
concentrations used were as varied as 2–90 mg L−1. Molnar et al. [175] observed that DOC
removal did not improve at high ozone doses (0.1–3 mg O3/mg DOC) using TiO2/O3
catalytic ozonation compared to ozonation alone, but attributed this effect to the pH of
the natural water and the scavenging effect of carbonate/bicarbonate. On the contrary,
Wang et al. [173], found a positive effect in the ozone dosage in the permeated flux of their
hybrid system. However, no relevant changes were observed in TOC or UV254 removal
or THMFP.

7.1.4. Mechanisms and Kinetics for the Removal of DBPs Precursors

General mechanisms such as presented in reactions (21) to (31) have been accepted
for NOM or humic/fulvic acids degradation by catalytic ozonation depending on the
catalyst used.

In general, humic/fulvic substances are easily degraded by ozone direct reactions
due to the presence of unsaturated bonds and aromatic rings to produce other compounds
less reactive towards ozone but also with different reactivity towards subsequent chlo-
rine treatment. These other compounds, carboxylic acids, or aliphatic molecules, can
be degraded by reactive oxygen species formed by catalytic decomposition of ozone
(hydroxyl radical, ozonide radical, etc.) both in the liquid phase or near the catalyst
surface/adsorbed. They may react with organic molecules with low selectivity, thus
leading to a high mineralization of NOM.

Considering the transformation of NOM in different species prior to mineralization,
it is important to know the chlorine reactivity of the different fractions formed during
catalytic ozonation. Thus, Zhang et al. [179] observed that ozonation alone decreases the
aromaticity of humic-like structures and increases the generation of carboxylic groups.
Catalytic ozonation with FeOOH and CeO2 catalysts also improved the destruction
of humic-like structures and enhanced the destruction of the hydrophilic acid fraction
destroying polycyclic aromatic structures. Unfortunately, no DBPFP was studied in
this work.
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Allemane et al. [187] proposed the adsorption of O3 and NOM onto TiO2/Al2O3
surface and the generation of oxidizing species in the surface. This trend has been
observed in many of the studies dealing with TiO2/Al2O3 [184,185]. With respect to the
contribution of adsorption, direct reactions, indirect reactions during catalytic ozonation,
Alver and Kilic [161] studied the mechanism of humic acid removal by Fe coated pumice
catalytic ozonation in the presence of different scavengers (t-BuOH and phosphate). They
observed the high contribution of hydroxyl radicals in solution to the overall process.
The studies of Turkay et al. [164,167] for the degradation of humic acid are based in
DFT modelling calculations to stablish the interaction of reactants with the catalyst
surface. They concluded that HO• radicals formed in the catalyst surface initiate the
heterogeneous reaction in CuO with important contributions of adsorption-desorption
and chelating [168]. For TiO2, HO• radicals are supposed to be formed from adsorbed O3
and its decomposition onto TiO2 surface in the presence of water molecules [167]. Finally,
they proposed the O3 disproportionation over ZnO surface to form reactive oxygen
species [164].

In the same line, Gümüs and Akbal [163] studied the degradation of humic acid using
GAC and Fe-coated zeolite as catalysts. For GAC they proposed a general mechanism
reported by Beltrán et al. for the degradation of diclofenac [189,190]. In this mechanism
adsorbed ozone reacts with adsorbed organic compounds to yield hydrogen peroxide
which eventually might react with adsorbed ozone to form hydroxyl radicals:

DOC1+GAC � DOC1–GAC (32)

O3+GAC � O3–GAC (33)

DOC1–GAC + O3–GAC → DOC2+H2O2+GAC (34)

H2O2+GAC � H2O2–GAC (35)

H2O2–GAC + O3–GAC → HO•+GAC (36)

DOC1+HO• → DOC2+HO•2 (37)

For Fe-coated zeolite (ICZ), they proposed the following mechanism:

ICZ–OH + O3 � ICZ(O3)S � ICZ–O•+HO•3 (38)

ICZ–O•+H2O → ICZ–OH + HO• (39)

HO•3 � H++O•−3 (40)

HO•3 → HO•+O2 (41)

In this mechanism ozone is adsorbed in terminal –OH groups of the catalyst and
then reactive oxygen species are produced that eventually would react with organic
compounds (adsorbed or in the bulk liquid phase).

Then, despite the variety of catalysts and the few studies directly dealing with the
determination of the mechanisms involved in the catalytic ozonation of humic acid or
NOM, some general steps can be hypothesized:

Cat + DOC1 � Cat–DOC1 (42)

Cat + O3 � Cat–O3 → Cat–ROS → Cat + HO• (43)

Cat + DOC1+Cat–O3 → DOC2+Cat + [H 2O2] (44)

Cat–ROS + Cat–DOC1 → DOC2+Cat (45)

DOC1+O3 → DOC2+[H 2O2] (46)

DOC1+HO• → DOC2+HO•2 (47)
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DOC2+HO• → CO2+H2O (48)

where Equations (42)–(45) represent heterogeneous reactions and Equations (46)–(48) are
some of the well-known homogeneous ozone/hydroxyl radical reactions. This sequence
will be completed by the general ozonation and HO• mechanisms in water [26,191,192].
DOC1 represents initial humic/fulvic substances that readily react with ozone or hydroxyl
radicals to form organic compounds with lower molecular weight (DOC2 accounting
for carboxylic, aldehydes, aliphatic compounds, etc.) usually refractory to direct ozone
attack that can be further mineralized by hydroxyl radicals. The reactivity of different
DOC fractions towards chlorine and their subsequent DBPFP is crucial to stablish the
need of achieving an advanced oxidation degree or a high mineralization. Therefore, the
importance of each reaction should be the objective of future works to tailor the catalytic
properties and to modify operating conditions for the degradation of NOM of specific
characteristics to reduce DBPFP. It is necessary to point out that the analysis of the latter
will be mandatory regardless of the mineralization achieved.

Regarding the kinetics of the process, only a few works dealing with kinetics be-
yond calculating apparent rate constants have been carried out. Mortazavi et al. [176]
proposed the following kinetics for the degradation of humic acid using bone charcoal
as catalysts. They worked reaching ozone saturation before humic acid injection in the
reaction medium and, therefore, the system is considered homogeneous from the point
of view of ozone. The contribution of both heterogeneous reactions taking place on the
catalyst surface and homogeneous reactions by ozone and radicals in the liquid phase are
represented:

−dCHA

dt
= (k HA

homo+kHA
heteroCS−OH)CHA (49)

kHA
homo= kHA

1 CO3+kHA
2 CHO• (50)

kHA
hetero= kHA

3 CO3+kHA
4 CHO• (51)

ln
CHA

CHA0
= −(k HA

homo+kHA
heteroCS−OH)t = −kt (52)

k = kHA
homo+kHA

heteroCS−OH (53)

where k represents the overall reaction rate constant and k1
HA, k2

HA, k3
HA, k4

HA,
khomo

HA, and khetero
HA represent the HA degradation rate constants corresponding to

a homogeneous reaction with ozone, a homogeneous reaction with hydroxyl radical, a
heterogeneous reaction with ozone, a heterogeneous reaction with hydroxyl radicals, and
global homogeneous and heterogeneous reactions, respectively; CHA, and CHA0 are the
concentrations of HA at any time and time zero; CHO and CS-HO represent the hydroxyl
radical concentration in liquid phase or in the catalyst surface and CO3 is de dissolved
ozone concentration. This study is based on UV254 nm measurements and no miner-
alization is considered. As can be deduced from Equation (53), the rate of humic acid
degradation resulted in apparent first order kinetics whose apparent rate constant k was
determined at different operating conditions. With experiments at different temperature
an activation energy value (Ea) of 10 kJ mol−1 was calculated.

Chen and Wang [170] studied the catalytic decomposition of ozone over Fe-Mn oxide
and TiO2/Al2O3 catalysts through simple first order kinetics approximation:

−dCO3

dt
= kdCCATALYSTCO3 (54)

CO3,t

CO3,0
= exp(−k d t) (55)

where kd is the observed pseudo first-order reaction rate constant of O3 decomposition
of the catalytic ozonation system, CO3 is the dissolved ozone concentration and t is the
reaction time. They found values of 2.8 × 10−3, 9.0 × 10−3 and 4.1 × 10−3 s−1 for
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ozonation and Fe-Mn oxide, TiO2/Al2O3 catalytic ozonation, respectively. They ascribed
the low decomposition rate found for TiO2/Al2O3 to the presence of phosphate that may
be adsorbed in the catalyst surface.

To study the ozone exposure, hydroxyl radical exposure and the ratio between HO•
and O3 concentration, Chen and Wang [170] also applied the Rct concept from Elovitz
and von Gunten [193] using data from experiments in the presence of p-chlorobenzoic
acid (pCBA) at low concentration through the following equations:

dCpCBA

dt
= −kHO−pCBACpCBACHO• (56)

ln
CpCBAt

CpCBA0
= −kHO−pCBA

∫
CHO•dt (57)

RCT =

∫
CHO•dt∫
CO3dt

(58)

ln
CpCBAt

CpCBA0
= −kHO−pCBARCT

∫
CO3dt. (59)

In this scheme, pCBA is considered to react only with hydroxyl radicals due to the
low rate constant of its reaction with ozone. CpCBAt and CpCBA0 are the concentrations of
pCBA at any time and time zero, respectively, kOH-pCBA is the rate constant of HO-pCBA
reaction, CHO• is the concentration of hydroxyl radical and CO3 is the dissolved ozone
concentration. They found values for Rct from 3.6 × 10−8 mol HO•/mol O3 for single
ozonation up to 14 × 10−8 and 9.8−8 mol HO•/mol O3 for Fe-Mn oxide and TiO2/Al2O3
catalytic ozonation, respectively. This is indicative of the improved capacity of Fe-Mn
oxide catalyst to generate hydroxyl radicals during the process.

Gümüs and Akbal [163] used a second-order kinetic model for humic acid catalytic
ozonation (kinetic equations not shown) using Fe coated zeolite (ICZ) and GAC as
catalysts. They reported different rate constants for ozonation at different dissolved O3
concentrations, catalyst doses, pH and molecular weight of initial DOC (<100 and <50
kDa). They observed the high catalytic activity of ICZ vs. GAC and also demonstrated
the highest reactivity of the humic acid fraction <100 kDa with ozone, being catalytic
processes much more effective for the fraction <50 kDa.

In general, no complex mechanistic kinetics has been developed for catalytic ozona-
tion of NOM, being an important gap for catalytic systems optimization. In addition,
taking into account every topic of these section, NOM or humic/fulvic acids degradation
has been evaluated but there is a lack of studies covering the formation of different DBPs
also with global parameters determination such as AOX that are important to check the
real applicability of this process for drinking water treatment.

7.2. Photocatalytic Ozonation

As a difference from catalytic ozonation, so far literature only reports just one
work dealing with the combination of ozone, catalyst and light, that is, photocatalytic
ozonation (PhCatOz) to remove natural organic matter, NOM, or humics from water [194].
Photocatalytic ozonation is an emerging AOP where hydroxyl radicals may generate
from different mechanisms including adsorption and oxidation of water or hydroxyl
groups on the valence band of the catalyst, ozone decomposition, reactions of ozone and
oxygen with electrons of the conduction band of the catalyst or even reaction of ozone
with possible hydrogen peroxide formed from superoxide ion recombination or from
direct ozone-organics reactions [27]. The basic mechanism NOM PhCatOz is as follows:

Direct ozone reactions with NOM:

O3+NOM → O3–DBP + H2O2 (60)
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Direct photolysis of NOM (usually at λ < 300 nm):

NOM hν→ UV–DBP (61)

In these photolytic reactions, ozone and UV radiation disinfection byproducts are
formed (see Section 3). These DBPs eventually, after subsequent ozone and photolysis
reactions, are transformed in biodegradable compounds but some may have certain
toxicity (i.e., aldehydes, ketones). Bromate can be formed if bromide was initially present.

In addition to reactions (60) and (61), given the presence of aromatic ring structures
with hydroxyl substituents groups in NOM, and, hence, the presence of nucleophilic
points, ring breakings give rise to the appearance of hydrogen peroxide as has been
reported previously for the ozonation of phenol compounds.

Hydroxyl radical formation reactions via direct ozone decomposition, mainly from:

O3+HO−2 → O•−3 +HO•2 → O•−3 +O•−2 . . . .
O3−→ . . . . → 2HO• (62)

Catalyst activation via light incidence:

Catalyst hν−→ h++e− (63)

Hydroxyl radical formation reactions via hole (h+) reduction from the valence band
and/or superoxide and ozonide ion radical formation by capturing electrons from the
conduction band:

h++H2O, OH−(adsorbed)→ HO• (64)

O3+e− → O•−3 → . . . . → HO• (65)

O2+e− → O•−2
O3→ O•−3 +O2 → . . . . → HO• (66)

2HO•2 → H2O2 (67)

H2O2+e− → HO•+OH−. (68)

Hydroxyl radical formation from ozone and hydrogen peroxide photolysis (at λ < 320 nm):

O3
hν,H2O−−−−→ H2O2+O2

hν−→ 2HO• (69)

and reactions of NOM with hydroxyl radicals:

NOM + HO• → Intermediates +HO•−−−→ . . . . → CO2+H2O + Inorganic Anions (70)

In spite of being an incipient process compared to other AOP such as O3/H2O2,
O3/UVC-UVB, photocatalytic oxidation or Fenton process, PhCatOz has already been
the subject of reviews since 2005 [195]. Many works of PhCatOz deal with the removal of
model compounds such as pharmaceuticals and pesticides [196] or wastewater [197], with
the use of visible or solar light and catalysts such as TiO2, and others (ZnO, WO3, C3N4,
etc.), or TiO2 composites that allow TiO2 activation with visible light [198]. For instance,
among catalysts checked, MOFs (already quoted in Section 7.1) [199] and graphitic carbon
nitride, gC3N4 [200] has emerged to improve photocatalytic ozonation rate of pollutants.
The use of gC3N4 is particularly interesting since this material presents a very high
conduction band potential (−1.3 VNHE) that greatly improves the ozone photoelectron
capture to diminish electron-hole recombination and improve the formation of hydroxyl
radicals [201]. According to WOS data base there are 160 works on photocatalytic ozona-
tion so far published. As said before, however, only the work of Yuan et al. [194] treats
photocatalytic ozonation for the removal of humics to reduce THM and TOX formation
potential. Nonetheless, treatment of humics or NOM with photocatalysis and ozone as a
sequence of processes has some antecedents due to Kerc et al. [202], Bekbolet et al. [203],
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and Uyguner et al. [204]. In their works, removal of humic acids is accomplished by
ozonation, photocatalytic oxidation and the sequential use of the two latter, that is, they
used ozonation followed by photocatalytic oxidation in separate processes, and they
do not use PhCatOz as the simultaneous application of both processes. Degradation of
humics is followed by measuring the absorbance of remaining water at 254 and 436 nm,
corresponding to aromatics and colored compounds, respectively. In some cases, the
treated water later undergoes an adsorption or coagulation process to improve organic
matter removal. In these works, it is observed the better efficiency of the sequential
process to remove the humic matter from water. Nonetheless, only the photocatalytic oxi-
dation is an AOP since ozonation, in most cases, is finished when dissolved ozone was not
yet present in water. This means that during the ozonation step humic acids were mainly
removed by direct ozone reactions [27]. The work of Bekbolet et al. [203] also gives results
of formation potential of THM and some other halogen organic compounds (of chlorine
and bromine) such as haloacetic acids, halonitriles and others. The results show the better
performance of the sequential oxidation process (ozonation followed by photocatalytic
oxidation) to decrease TOXFP. Coming back to the work of Yuan et al. [194], PhCatOz is
applied, in this case, to remove a humic acid (its origin is not reported) with ozone, UVC
radiation (250–260 nm with 254 nm as main wavelength) and different TiO2 catalysts in
powder or supported form. Supported materials were ceramsite, zeolite, alumina, and
activated carbon (AC), while the composite prepared was Fe on TiO2 nanotubes (Fe-TNT).
The catalyst was characterized through XRD, SEM, TEM, EDS, XPS, and N2 adsorption
and UVVis-DRS. With the latter, they observed band gaps of 3.23 and 3.03 eV for their
synthesized TNT and Fe-TNT with no influence of the supported material, a logical
consequence of its lack of action on optical properties. The authors observed a significant
increase of humic acid removal with PhCatOz when using AC as the supported material
likely due to the BET surface area, the highest among the synthesized catalysts. They
also observed after five consecutive runs with the same catalyst that removal efficiency of
humic acid decreased from 94 to 78%. They concluded with the existence of a synergism
between AC adsorption and photocatalytic ozonation. However, no data is given about
TOXFP or THMFP. However, the results, suggest the importance of PhCatOz to improve
the removal of TOX precursors.

8. Elimination of DBPs by Catalytic/Photocatalytic Ozonation Processes

As it can be seen from Table 7, as far as these authors know, there are only six works
dealing with catalytic/photocatalytic ozonation processes of DBPs of drinking water. As
it occurs with Section 6.2, chloroacetic acids (CAAs) are the most studied.
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8.1. Catalytic Ozonation

Due to the selective oxidation property of the ozone molecule, highly structured
organic substances cannot be thoroughly mineralized in ozonation alone and low-mass
compounds like chloroacetic acids tend to be discharged. In addition, the efficiency of
the oxidation can be strongly affected by the presence of natural organic matter which is
ubiquitous in drinking or fresh water [208]. Hence, catalytic ozonation, an efficient AOP
that introduces homogeneous or heterogeneous catalyst to single ozonation, can increase
ozonation efficacy and ozone utilization degree. Especially, heterogeneous catalytic
ozonation processes have received increasing attention recently due to the potentially
higher effectiveness in the degradation and mineralization of refractory organic pollutants
and easier recovery processing [209].

8.1.1. Catalysts

Li et al. [205] studied the potential use of manganese oxide-based nanocomposite
in catalytic ozonation of DCA. Manganese oxide (MnOx) is an eco-friendly and inex-
pensively used catalyst in water treatment. Among various crystal phases of MnOx,
β-MnO2, not only has the highest stability and the lowest water-solubility but can also
be easily fabricated in various morphologies such as nanowires, nanorods, nanotubes,
and nanoflowers. However, the catalytic performance of single-component β -MnO2
so far is unsatisfactory. In order to enhance the catalytic property of β -MnO2, some
promising methods such as modifying β -MnO2 with noble metals or combining β -MnO2
with other oxides have been developed. In this sense, graphene and its partial oxide
counterpart-reduced graphene oxide (RGO) have emerged as promising candidates for
fabricating new materials due to their high specific surface area, chemical stability, as well
as biocompatibility. It has been proved that composite fabricated by coupling graphene or
RGO with semiconductors can achieve a higher catalytic activity. Herein, Li et al. [205] re-
ported a unique three-dimensional (3D) flower-like nanocomposite (FMOG) consisted of
pure β -MnO2 (PMO) and reduced graphene oxide (RGO). Interestingly, FMOG displayed
higher catalytic performance compared with ozonation, and PMO catalytic ozonation.
Gu and co-workers [208] used bentonite and Fe3+ for dichloroacetic acid (DCA) removal
from drinking water. Bentonite is a 2:1 type clay mineral. Its unit layer structure consists
of one Al3+ octahedral sheet placed between two Si4+ tetrahedral sheets. It should also
be noted that the addition of hydrolysable metal ion species (iron or aluminum) can be
rapidly hydrolyzed around the surface of bentonite particles, resulting in a hydroxyl
surface. In addition, the hydrozed iron (or iron ion) possesses the ability to catalyze the
transformation of O3 to hydroxyl radicals, and hence further promote the removal of
dissolved target organic compounds. Zhai et al. in their study [209] used nanometer ZnO
powder as a heterogeneous catalyst for catalytic ozonation of dichloroacetic acid (DCA)
in aqueous solution, which is non-toxic, insoluble, and a cheaper transition metal oxide
widely used in various processes.

8.1.2. Catalytic Activity, Stability, and Reusability

To demonstrate the catalytic activity of PMO and FMOG, Li et al. [205] compared
these catalysts in catalytic ozonation of DCA from drinking water sources. Ozonation
alone of DCA achieved 32.7% elimination in 60 min. When the PMO or FMOG were
added into the system, the elimination ratio of DCA increased to 39.2% and 46.8% in 60
min, respectively. In this research, DCA was degraded completely in FMOG catalytic
reaction after 110 min, while in the same reaction conditions the residual concentration
ratio of DCA was 30% and 13.3% for ozonation alone and PMO catalytic reaction. These
results indicate an evident catalytic ozonation effect of FMOG for DCA degradation. Also,
reusing experiments were carried out to estimate the stability of PMO and FMOG. The
used catalyst was separated from the solution by centrifugation. The catalytic activity of
FMOG decreases gradually in the first four runs. However, the catalytic activity of PMO
decreases more obviously compared with the one of FMOG. In the fifth run, the DCA
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elimination ratio of PMO dropped to 32.5%, demonstrating a continuous downtrend;
while the DCA elimination ratio of FMOG in the fifth run was 37.7%, which was almost
the same as that of the fourth run. SEM of FMOG after fifth catalytic ozonation showed
that the flower-like nanostructure was still distinct. These facts indicate that FMOG
is a relatively robust catalyst for catalytic ozonation of DCA in practical applications.
Gu et al. [208] compared ozonation alone, ozone/bentonite and combined addition
of ozone/bentonite/Fe3+ (adsorptive ozonation) for removing DCA from water in the
presence and absence of HA. In this work, the combination of ozone/bentonite and
Fe3+, significantly promotes DCA removal achieving a percentage of about 73% after 40
min reaction time. This improvement was due to the ability of Fe+3 in catalyzing ozone
decomposition to hydroxyl radical. Hence, in the process of ozonation/bentonite/Fe+3,
more HO• radicals are generated. ZnO as catalyst in water significantly improved the
ozonation removal of DCA compared with ozonation alone [209]. The addition of ZnO
catalyst improved the degradation efficiency of DCA during ozonation, which caused an
increase of 22.8% for DCA decomposition compared to the case of ozonation alone after
25 min. Under the same experimental conditions, DCA decomposition was enhanced
by increasing catalyst dosage from 100 to 500 mg L−1 and ozone dosage from 0.83 to 3.2
mg L−1. The catalytic ozonation process is more pronounced than the ozonation process
alone at pH 3.93, 6.88, and 10. With increasing the concentration of t-BuOH from 10 to 200
mg L−1, the degradation of DCA was significantly inhibited in the process of catalytic
ozonation, indicating that the degradation of DCA by adding nanometer ZnO powder
follows a radical-type mechanism.

8.1.3. Reactors and Variables Studied

In the work of Li et al. [205] catalytic ozonation of DCA was carried out into a 500
mL glass conical flask containing 200 mL of DCA aqueous solution (100 mg L−1) with 10
mg of the as-prepared catalyst at room temperature under magnetic stirring. The effect
of pH, the reaction temperature and catalyst dose on the catalytic DCA elimination by
using FMOG was studied. Cylindrical reactors were used by Gu et al. [208], with an
inner diameter of 60 mm and a length of 500 mm and 2 L working volume. In this work,
authors study the efficiency of ozonation alone and catalytic ozonation with bentonite
on DCA removal in the presence of different humic acid (HA) concentrations. HA was
applied to test the effect of NOM concentrations on catalytic ozonation of DCA. Zhai and
co-workers [209] performed the experiments in a laboratory batch reactor, which consisted
of a glass flat-bottomed flask with the inside diameter of 45 cm and the volume of 1.2
L. In this study, authors checked the influencing factors on the degradation efficiency of
DCA in aqueous solution by ZnO catalytic ozonation, including catalyst dosage, ozone
concentration, initial solution pH, and tert-butyl alcohol.

8.1.4. Kinetics and Mechanisms

In all experiments carried out by Li et al. [205], ozone was supplied into the reaction
system superfluously and continuously. Therefore, the pseudo first order reaction was
employed by authors to investigate kinetics of single and catalytic ozonation, respectively,
of DCA. For the DCA ozonation process, the apparent rate constant was 0.0062 min−1. For
the catalytic ozonation of DCA process in the presence of PMO, the apparent rate constant
augmented to 0.0081 min−1. However, when using FMOG as catalyst, the apparent
rate constant increased to 0.0104 min−1. Compared with the PMO catalytic process and
the ozonation process, the apparent rate constant of FMOG catalytic process increases
28% and 68% respectively. The remarkable catalytic capacity of FMOG revealed that
it can be used as an effective catalyst for the ozonation degradation of DCA. Based on
literature, RGO has π electron donating character of the sp2-bonded carbon structure,
which can make FMOG more effective than PMO in transferring electron to ozone, and
the polylaminate structure of RGO improved the surface area of the catalyst, which
provides more ozonation reaction centers. The synergistic effect of β -MnO2 and RGO
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in catalytic ozonation may contribute to the outstanding performance of FMOG. Gu
et al. [208] proposed a pseudo first order degradation model. Results showed that the
rate of DCA removal with ozonation is close to that of the ozone/bentonite, and the rate
of the adsorptive ozonation is much higher than that of the other two processes. The
presence of HA in aqueous solution lowers the rate of the DCA degradation. In ozonation
alone, when 4 mg L−1 HA was added, the rate is lowered to about 0.006 min−1, which
is only 28.6% of the rate when HA is absent. However, in the process of adsorptive
ozonation, the negative effect of HA on DCA removal is weakened. When 4 mg L−1 HA
was added, the rate constant is lowered to 0.052 min−1, about 53% of that in the absence
of HA. Zhai et al. [209] supposed that hydroxyl radicals in solution promote the oxidation
degradation of DCA. Here, fundamental study was performed using DFT to explore
the mechanism of generating hydroxyl radical on the ZnO surface. The DFT calculation
results further verified the decomposition of the adsorbed ozone on the catalyst surface
and the enhancement of generation of OH responsible for high ZnO catalytic activity,
leading to the increase of degradation efficiency of the model pollutant DCA.

8.2. Photocatalytic Ozonation

So far only three works on photocatalytic ozonation of DBPs already formed have
been published (see Table 7). As happens in catalytic ozonation works, chloroacetic acids
are the chlorine disinfection by-products most studied.

8.2.1. Catalysts and Radiation Use

Degradation of DCA in aqueous solutions using photocatalytic ozonation has been
investigated by Hama Aziz [106] and Mehrjouei et al. [207] (see Table 7). The photocata-
lyst used in both works was titanium dioxide immobilized in the commercial product
“Pilkington ActiveTM glass” (PAGs). The great superhydrophilicity of TiO2 photocatalyst
provided a homogeneous and stable falling liquid film along the glass sheets. In both
works, the application of irradiation with wavelengths in the region of UVA instead of
shorter wavelengths promotes the idea of moving towards the use of natural solar light.
Hence, radiation use for the photocatalytic experiments was in a range of wavelengths
between 300 nm and 420 nm and a maximum at about 360 nm. On the other hand, Shin
et al. [206] studied the removal of dichloroacetonitrile (DCAcN) with solar PhCatOz and
P25 TiO2 as catalyst (slurry mode). The authors use both UVA-visible lamps of different in-
tensity and solar light as radiation source as an energy-saving and environmental-friendly
process.

8.2.2. Catalytic Activity, Stability, and Reusability

Hama Aziz [106] found that the combination of ozonation with photocatalysis (TiO2
on the surface of PAGs irradiated by the UVA) had shown a significant synergistic effect
on DCA degradation due to the production of highly reactive hydroxyl radicals either by
the direct photolysis of ozone with UVA or by interaction of ozone with the conduction
band electrons on the illuminated TiO2. At the same time, a dramatic increase in the
mineralization level was achieved. Thus, comparing the degradation efficiencies of DCA
by the photocatalytic ozonation (UVA/TiO2/O3) and photocatalytic decomposition of
H2O2 (UVA/TiO2/H2O2) processes in terms of the observed rate constants (the degra-
dation of chloroacetic acids was described by pseudo first-order kinetics) indicates that
the photocatalytic ozonation provides remarkably higher degradation efficiency than the
photocatalytic-H2O2 [106]. Similar results were found by Mehrjouei et al. [207] where
photocatalytic ozonation treatment by means of Pilkington ActiveTM glass as a commer-
cial product irradiated by UVA light and combined with ozone (PAG/O3/UVA) showed
highly modified oxidation properties in the decontamination of DCA in aqueous solutions
compared to both photocatalytic oxidation and ozonation separately. Also, photocatalytic
ozonation exhibited high potential in the mineralization of DCA. It was observed that
more than 90% of DCA decomposed during the oxidation period was mineralized to
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carbon dioxide molecules and chloride anions. In Mehrjouei study [207], the degradation
of DCA by photocatalytic ozonation in heterogeneous system showed good agreement
with the kinetics of first order reactions. However, at initial concentrations of DCA both
higher and lower than 1 mM, the initial degradation rates were found to be slightly
different. In the case of DCAN degradation [206], compared to the single process, the UV-
solar/TiO2/O3 process had the highest DCAN-removal rate. This was due to additional
HO• production by the reaction of ozone with the electrons of the conduction band in the
catalyst. The UV-solar/TiO2/O3 system showed an enhanced DCAcN-removal rate, and
the synergetic index calculated according to equation (71) for a single process was 3.8:

SI =
kSun/O3/Cat

kSun/Cat+kO3
(71)

where k values are the apparent pseudo first order rate constants of PhCatOz, solar
photocatalysis and ozone processes, respectively.

Works quoted in Table 7 have also studied the photocatalyst stability and activity by
conducting cycles of photocatalytic ozonation runs of fresh compound aqueous solutions
with the same photocatalyst.

8.2.3. Reactors, Radiation Source, and Variables Studied

A planar falling film reactor was used by Hama Haziz [106] for the photocatalytic
experiments. The reactor consists of two photoactive self-cleaning Pilkington Active™
glass (PAGs) sheets, each with a 68 × 29 cm surface area, connected by a frame of PVC.
The falling liquid film was established on the inner side of the PAGs. Seven UVA lamps
(each with 15W energy consumption and the maximum wavelength at 360 nm) were fixed
inside the reactor and used for UVA irradiation. The incident light intensity of the UV
light was 1 Mw/cm2, and no significant aging effect was found during the experiments.
The optimization of water flow rate to generate a stable and homogeneous falling film
along the PAG sheets was tested being 1 Lmin−1. The planar reactor used by Mehrjouei
et al. [207] was a polymethylmethacrylate box with an internal volume of 160 cm3 covered
by an optical window made from the same material in order to let the irradiation of
UVA light pass through and reach the photocatalytic surface of a Pilkington ActiveTM
glass sheet with a contact area of 30.5 cm2, which was embedded and fixed inside the
reactor. For all runs, a volume of 400 mL of DCAA solution was injected through the
bottom inlet of the reactor to form a 3 mm liquid layer over the semiconductor surface,
and it left the reactor through the top outlet point. The UVA-light source employed in
this study was a 30 W lamp with a range of wavelengths between 300 nm and 420 nm
and a maximum at about 360 nm. The incident light intensity of this source, as in the
case of Hama Haziz [106] was ca. 1 MW/cm2. In [207] influence of initial concentration
and temperature on the degradation rate of DCAA and the ozone consumption level
during the oxidation process were investigated. Higher initial concentrations of DCAA
and higher temperatures increased the initial degradation rate and, the level of ozone
consumption during the photocatalytic ozonation treatment.

Shin et al. [206] for the photocatalytic experiments (bench and outdoor) used the
combination of CPC and ozone reactor. CPC contained three quartz tubes (length: 40 cm,
diameter: 3 cm, thickness: 1.5 mm) and three stainless modules with reflectors made
of polished aluminum. A cylindrical ozone reactor with a cooling system was made
of stainless steel (length: 110 cm, diameter: 10.5 cm, and total volume: 9.5 L). For the
bench system, UV radiations were obtained from three metal halide lamps of different
powers (100, 250, and 400 W), which were placed 60 cm above the CPC reactor at the top
of the chamber as artificial solar light. Figure 4 represents the experimental set up used in
this work.
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Figure 4. Experimental set up for photocatalytic ozonation experiments at lab and bench scale [206]. (A): Flow diagram. (B):
CPC reactor. (Reprinted with permission from Chemosphere, 93, Shin, D.; Jang, M.; Cui, M.; Na, S.; and Khim, J. Enhanced
removal of dichloroacetonitrile from drinking water by the combination of solar-photocatalysis and ozonation, 2901–2908.
Copyright (2013) With permission from Elsevier).

The UV intensity in the sunlight wavelength range was measured using a spectrora-
diometer. The irradiation wavelengths of the metal halide lamps (designated as UVsolar,
300–800 nm) and solar light (>300 nm) were similar in terms of the light spectrum. In
this research, the major operating parameters such as pH, catalyst (i.e., TiO2) and ozone
doses, temperature, and UV intensity were investigated in the removal of DCAN by
photocatalytic ozonation. Shin et al. [206] found that the optimal pH for DCAN removal
by UV-solar/TiO2/O3 was neutral because of the maximum interaction between TiO2
and DCAN. According to the results of TiO2 and ozone-dose tests, 1 g L−1 TiO2 and
1.13 g L−1 h−1 ozone in photocatalytic ozonation were optimal to afford the highest rate
constant. From the temperature variation trials, the highest rate constant (0.033 min−1)
was obtained at 20 ◦C. Temperature simultaneously affected several parameters such
as DCAcN adsorption and particle-size change of TiO2, as well as the decomposition
and dissolution rates of ozone. Nevertheless, temperatures higher than 20 ◦C negatively
influenced the DCAcN-removal kinetics. In the assays regarding the UV-solar intensity,
the kinetic rate constants increased linearly when the UV-solar intensity increased in
the range 4.6–25 Wm−2; however, the increasing trend of rate constants were gradu-
ally reduced above 25 Wm−2. The test results of the outdoor system indicated that the
solar/TiO2/O3 process showed complete removal with rates that are two orders greater
than those obtained with solar/TiO2.

To conclude this section, DBPs elimination by catalytic/photocatalytic ozonation has
been demonstrated to proceed by indirect or radical ozonation pathways more than direct
ozonation. However, the limited studies carried out mainly with DCA, TCA, and DCAN
as model DBPs at high concentrations, many of them in ultrapure water opens some
questions about the effect of a real water matrix, the optimization of the catalytic systems
to improve the degradation, the use of solar radiation or LEDs, long-term behavior of the
catalytic systems, etc. that opens the research possibilities in this field. In addition, the
economical assessment of these processes to remove DBPs compared to the elimination
efficiency of DBPs precursors needs to be balanced to choose a treatment strategy.

9. The Case of Bromate in Ozonation Processes

An additional survey deserves bromate formation/inhibition during ozonation
processes when bromide ions are present in surface water. Bromate ion (BrO3− ) is a well-
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known DBP with a maximum allowed level of 10 μg L−1 by many regulations (USEPA,
WHO, ECA, etc.) suspected to be a carcinogenic agent. Yang et al. [210] recently reviewed
the formation of bromate in chemical oxidation and its control strategies.

Fischbacher et al. [211] reported a multistep mechanism of bromate formation dur-
ing ozonation in the presence of bromide in which HO• radicals are formed and also
contribute to bromate formation according to Scheme 7.

 

Scheme 7. New reaction pathway of the ozonation of bromide in water [211], (Reprinted with permission from Fischbacher,
A.; Löppenberg, K.; von Sonntag, C.; Schmidt, T.C. A new reaction pathway for bromite to bromate in the ozonation of
bromide. Environ. Sci. Technol. 2015, 49, 11714–11720, Copyright (2015) American Chemical Society).

Different strategies for the inhibition of bromate formation during ozonation have
been extensively studied such as pH depression, ammonia addition, Cl2-ammonia ad-
dition, H2O2 addition or optimization of reactor configuration. The main effects of
these can be found in Yang et al. [210] and references herein. However, during cat-
alytic/photocatalytic ozonation, the presence of the catalyst can bring new benefits for
bromate control. Thus, Han et al. [172,174] in their works of catalytic ozonation using
ferrate (VI) as catalyst (see conditions in Table 6) demonstrated that low doses of ferrate
up to 5 mg L−1 can lead to the reduction or flocculation of BrO3− or HBrO/BrO- by the
produced intermediates Fe(III), Fe(II), H2O2, and Fe(III) hydroxydes. Humic acid content
decreased bromate formation and also high ambient temperature had a positive effect.

Wu et al. [169] studied the inhibition of nano TiO2 and SnO2 on bromate formation
during catalytic ozonation of humic acid and observed that the presence of both catalysts
reduced the formation of BrO3− and also a positive effect of increasing humic acid
concentration. They hypothesized that the minimization using TiO2 was due to the
decomposition of ozone into HO• which rapidly generated H2O2. This hypothesis agrees
with the effect of humic acid as HO• and O3 scavenger. This effect has also been observed
in other studies with different metal oxides although in ultrapure water or with other
organic pollutants.

Regarding photocatalytic ozonation, Parrino et al. [212] studied the formation or
reduction of bromate by photocatalysis, ozonation and photocatalytic ozonation using
TiO2 as catalyst and UVA radiation. They observed that the sole photocatalysis did not
produce bromate ions and in the case of its presence, it was able to reduce bromate to
bromide ions. On the contrary, in the combined process, bromate ions were not produced
when organics still present. They proposed that photo-generated electrons reduced
adsorbed bromate to bromide over the catalyst surface.

Thus, the possibility of controlling bromate by tailoring the catalyst has relevance for
real application of catalytic/photocatalytic ozonation in drinking water treatment.

10. Concluding Remarks and Future Challenges

Main conclusions of this work are:
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DBPs, specifically THMs, were discovered more than 40 years ago but, still, there
is much research on their nature, since many recent papers deal with the founding of
new DBPs. Already in 1980 about 400 DBPs were identified in chlorinated fulvic acids.
At present, only a few DBPs are regulated with a maximum level concentration (MCL):
Total THMs, total HAAs, bromate and chlorite. Nonregulated DBPs form different family
groups: Halogenated compounds, ketones, aldehydes, and nitrosamines to quote the
most representatives with the first ones as the most abundant formed in DWT. The halo-
genated compounds, (mainly chlorinated but also brominated and iodinated compounds)
constituted by far the main family of DBPs from WTP. Today, many of these compounds
have been classified as rodent carcinogens, genotoxic, and mutagenic. This reveals the
importance in the development of new analytical methods to quantify also nonregulated
DBPs or surrogate parameters to fulfil future regulation in order to produce healthy
drinking water.

Both DBPs precursors and DBPs have been treated with different oxidation processes
where AOPs are the most representative. Because of the double way of ozone reactions in
water, ozone has attracted the interest of many researchers. NOM and bromide ion are
the main DBPs precursors treated with AOPs. In the last year, about 40 and 20 works
were published on this matter with AOPs and ozone processes, as oxidants, respectively.
On the whole, precursors react fast with ozone due to the presence of aromatic rings
with hydroxyl substituents groups in humic and fulvic acid macromolecules. However,
regarding DPBs removal classical ozone AOPs, such as O3/UVC or O3/H2O2, have been
applied in a few cases to mainly remove a few HAAs (dichloroacetic and trichloracetic
acids) and some N-nitrosamines. On the contrary, much more work has been done with
ozone free processes such as Fenton, UVC/H2O2, and photocatalytic oxidation during
the last 25 years. In these works, HAAs are the main DBPs studied. In general, these
processes due to the formation of hydroxyl radicals reduce DBP concentrations but high
oxidant doses are needed.

Most of the works dealing with catalytic and photocatalytic ozonation are lab-scale
studies about catalyst properties, catalytic activity and optimization of operating condi-
tions but much less work has been done to go in deep in the stability and reutilization of
the catalysts in long term experiments. These studies are crucial to take a step forward to
pilot scale studies with the best catalytic systems mainly for DBPFP removal. In addition,
the use of natural radiation or environmentally friendly LEDs should be prioritized in
photocatalytic ozonation studies towards sustainable processes. However, comprehensive
economic and environmental assessments are also required to balance the benefits of
precursors or DBPs removal from drinking water in order to draw the best strategy from
economic, environmental and health priorities.
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AC Activated carbon
AOPs Advanced oxidation processes
AORPs Advanced oxidation/reduction processes
AOX Adsorbable organic halides
BAC Biological activated carbon
BC Before Christ
BDCA Bromodichloroacetic acid
BET Brunauer, Emmet, and Teller (referred to isotherm and surface area)
Br-DBPs Brominated disinfection by-products
Ci Concentration of i
CAAs Chloroacetic acids
Cat Catalyst
CDBA Chlorodibromoacetic acid
CH Chloral hydrate
CPC Compound parabolic collector
CT Parameter used in disinfection with C concentration of chlorine, T contact time
D Diameter (particle size or reactor diameter)
DBPFP Disinfection by-products formation potential
DBPs Disinfection by-products
DCA Dichloroacetic acid
DCAN Dichloroacetonitrile
DFT Density functional theory
DLS Dynamic light scattering
DMP Dimethyl phthalate
DOC Dissolved organic carbon
DWT Drinking water treatment
DWTP Drinking water treatment plant
EAOPs Electrochemical advanced oxidation processes
ECA European Chemical Agency
EDS Dispersive X-Ray spectroscopy
EPA Environmental Protection Agency
E-peroxone Electro-peroxone
EPR Electron paramagnetic resonance
ER Eley-Rideal mechanism
FMOG Flower-like nanocomposite
FTIR Fourier transformed infrared spectroscopy
GAC Granular activated carbon
HA Humic acid
HAAs Haloacetic acids
HAcAm Haloacetamides
HANs Haloacetonitriles
HIA Hydrophilic acid
HIB Hydrophilic base
HKs Haloketones
HOA Hydrophobic acid
HON Hydrophobic neutral
HS Humic substances
ICP Inductively coupled plasma
ICZ Iron coated zeolite
I-DBPs Iodinated disinfection by-products
JCR Journal Citation Report
k Kinetic constant
L Length
LED Light emitting diodes
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LHHW Langmuir–Hinshelwood–Hougen–Watson mechanism
MBA Bromoacetic acid
MCA Monochloroacetic acid
MCL Maximum concentration level
MOFs Metal organic frameworks
NB Nitrobencene
N-DBPs Nitrogen containing disinfection by-products
NDBA N-nitrosodibuthylamine
NDMA N-nitrosodimethylamine
NOM Natural organic matter
NR-DBPs Non-regulated disinfection by-products
NTU Nephelometric turbidity unit
OA Oxalic acid
PACL Poly-aluminium chloride
PAG Pilkington ActiveTM glass
pCBA p-Chlorobenzoic acid
PMO Pure manganese oxide
PMS Peroxymonosulfate
PS Persulfate
PZC Potential of zero charge
Q Volumetric flow
Rct Ratio of the hydroxyl radicals to the ozone exposure during ozone processes
R-DBPs Regulated disinfection by-products
RGO Reduced graphene oxide
RO Reverse osmosis
ROS Reactive oxidizing species
SCE Saturated calomel electrode
SEM Scanning electron microscopy
SHE Standard hydrogen electrode
TBA Tribromoacetic acid
TCA Trichloroacetic acid
TCNM Trichloronitromethane
THAAs Total haloacetic acids
THAAFP Total haloacetic acids formation potential
THMs Trihalomethanes
THMFP Trihalomethane formation potential
TNT Titanate nanotubes
TOC Total organic carbon
TOX Total organic halogen
TOXFP Total organic halogen formation potential
TTHMFP Total trihalomethane formation potential
WHO World Health Organization
USEPA United States Environmental Protection Agency
USA United States of America
UV Ultraviolet radiation
UVA Ultraviolet A radiation
UVC Ultraviolet C radiation
UV-Vis-DRS Ultraviolet-visible diffuse reflectance spectroscopy
UV254 Referred to absorbance at 254 nm
V Volume
WOS Web of Science
X Halogen
XPS X-ray photoelectron spectroscopy
XRD X-ray diffraction
XRF X-ray fluorescence
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Abstract: Antibiotics are chemical compounds that are used to kill or prevent bacterial growth. They
are used in different fields, such as the medical field, agriculture, and veterinary. Antibiotics end up
in wastewater, which causes the threat of developing antibacterial resistance; therefore, antibiotics
must be eliminated from wastewater. Different conventional elimination methods are limited due to
their high cost and effort, or incomplete elimination. Semiconductor-assisted photocatalysis arises
as an effective elimination method for different organic wastes including antibiotics. A variety
of semiconducting materials were tested to eliminate antibiotics from wastewater; nevertheless,
research is still ongoing due to some limitations. This review summarizes the recent studies
regarding semiconducting material modifications for antibiotic degradation using visible light
irradiation.
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1. Introduction

Benjamin Franklin said once “When the well is dry, we know the worth of water” to
encourage us to value what we have before water resources become limited. Although
water covers more than two-thirds of the earth’s surface, not all of the available water
is accessible for use [1]. Water quality is crucial when it comes to human utilization, to
sustain good health and a disease-free community. Water has been consumed in many
industries, which are all linked to human health, such as the agricultural, electronic,
food, and pharmaceutical industries [2]. The increased population growth, along with
the plentiful human activities, has led to a shortage of freshwater resources, as water
consumption has increased by six-fold in the 20th century [3,4]. As a result, there is
extensive research into finding methods to reuse and purify wastewater from different
contaminants [5]. There are a variety of water pollutants that come from different re-
sources, such as sewage wastewater, industrial waste, oil pollution, radioactive waste,
and pharmaceutical wastes [3,4,6]. Nowadays, pharmaceutical wastes, mainly antibiotics,
are considered a major concern. Antibiotics are chemical compounds that are intended to
kill or slow the growth of bacteria [7,8]. They are used in a variety of fields, including
the medical field, agriculture, and veterinary [9,10]. The overconsumption of antibiotics
and their massive presence in wastewater can cause a serious situation where the bacteria
induce certain mutations and become antibiotic-resistant [11].

Conventional elimination methods, such as filtration, biodegradation, or reverse
osmosis, are limited, due either to their high cost or the incomplete elimination of pollu-
tants. To overcome these limitations, advanced oxidative process (AOP) has been used
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extensively to degrade different organic pollutants [12]. AOP involves homogenous
photocatalysis and heterogeneous photocatalysis. Homogenous photocatalysis has been
widely studied, so there is more motive to study heterogeneous photocatalysis, which in-
volves semiconductor-assisted photocatalysis [13]. Semiconductor-assisted photocatalysis
involves the photosensitization of semiconducting material to generate free radicals that
degrade pollutants in the presence of light [14]. TiO2 is one of the most semiconducting
materials that has been used for photocatalysis for the degradation of different pollutants
including antibiotics from wastewater. TiO2 is safe, efficient, and cost-effective; however,
its light-absorption capability in the visible light range is limited, which increases costs
and limits its use on an industrial scale. To overcome such limitations, there is intensive
research into finding methods to modify or use alternative semiconducting materials,
which can degrade antibiotics using solar energy [15].

Although there are a few reviews on semiconductor-assisted photocatalysis for an-
tibiotic or pharmaceuticals removal with visible light irradiation [16,17], a comprehensive
review of recent reports is still needed, as the research is still ongoing, which will help to
update the readers about this research field.

This review summarizes the basic principle of photocatalysis, different antibiotics
decomposition approaches, and the essential characteristics of semiconducting materials
for photocatalytic decomposition of antibiotics in wastewater, as well as recent reports on
different antibiotic degradation, including the most studied and consumed antibiotics
(ciprofloxacin, norfloxacin, tetracyclines, and sulfonamides). Different semiconductor
modification approaches are discussed, along with the mechanism of degradation for the
most common antibiotics.

2. Antibiotics Routes of Entry into Wastewater and Its Consequences

Human consumption of antibiotics has increased significantly [18], which might
not seem alarming, as it is being used for treating diseases [19]. However, the over-
consumption of antibiotics is not human-friendly or environmentally safe [20]. Antibiotics’
disadvantages are not only limited to their consumption, but also their disposal. In most
cases, antibiotics end up in wastewater, which cannot easily be eliminated by different
degradation methods [21].

Due to the growing population demands, antibiotics are being used in different fields
other than the medical field. In particular, antibiotics are extensively used in livestock
and animal veterinary [22]. In some countries, antibiotics are not only used for animal
treatment but also to promote animal growth and increase production [23]. However,
there will not be considerable antibiotic amounts in animal meat, as all the antibiotics
will be completely released from the animal’s blood if the treatment is restricted for
a few days [24]. Nevertheless, antibiotics will be released as animal waste due to its
incomplete digestion, which either used as fertilizers in agriculture or dumped into
wastewater [25]. Few studies were conducted to assess the uptake of antibiotics from
fertilizers by plants. For example, a study was done concerning assessing the amount of
antibiotics in different vegetables after being fertilized with animal waste. They found
that the concentration of different antibiotics was less than 10 μg\Kg, which is below the
detection limit. Nevertheless, this result is alarming if antibiotics are used extensively [26].
Further study revealed that chlortetracycline antibiotic was uptaken by onions, cabbage,
and corn. However, those vegetables did not take up the tyrosine antibiotic, probably due
to its large molecular size [27]. The outcomes of these studies suggest that different plants
can uptake different antibiotics at different rates depending on the plant type and the
molecule size of the antibiotic.

The fundamental problem of having antibiotics in wastewater is the development
of bacterial resistance to antibiotics. Those antibiotic-resistant bacterial strains are very
difficult to treat, which causes a health and environmental threat. The bacterial resis-
tance mostly occurs in hospital wastewater, due to antibiotics’ extensive usage at high
concentrations [28,29]. As bacterial resistance becomes a major concern, antibiotic degra-
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dation becomes necessary. Figure 1 summarizes antibiotics’ possible routes of entry to
wastewater.

 

Figure 1. Possible routes of entry of antibiotics into wastewater. Adapted from [30] with modifications.

3. Current and Conventional Elimination Methods of Antibiotics

Biodegradation is one of the methods that were used to eliminate antibiotics from
wastewater. The principle of biodegradation depends upon the use of microorganisms
to biologically degrade the antibiotics to safer compounds [31]. Some microorganisms
showed promising behavior in the degradation of certain antibiotics; conversely, in
other cases, antibiotics could not be removed completely. Generally, this approach is
not considered to be effective, not only in terms of antibiotics degradation but also
due to the associated risks of the direct use of microorganisms [32]. Another method
is reverse osmosis, in which water is compressed across a semipermeable membrane
(e.g., cellulose acetate membrane), allowing pure water to pass and eliminating other
impurities [33]. This method is efficient but not cost-effective [34]. Furthermore, different
filtration methods were conventionally used, such as ultra-filtration, which purifies
water by using membranes with a pore size from 10 to 1000 Å. This technique is an
efficient but unreliable approach to eliminate some organic wastes [35]. The advanced
oxidation process is a further approach to eliminate antibiotics from wastewater. This
approach depends upon the generation of free radicals, such as hydroxyl radical or singlet
oxygen. Free radicals are very reactive; they react with organic compounds, leading to
oxidation reaction and degradation of that compound. Free radicals can be produced
using a variety of methods; some are photochemical, and others are non-photochemical,
such as ozonation [19,35]. The photochemical process involves semiconductor-assisted
photocatalysis which is the main topic of this review.

4. Semiconductor Assisted Photocatalysis

Photocatalysis is a term derived from a Greek word, where photo means light and
catalysis signifies a process where the rate of a chemical reaction is accelerated by a sub-
stance without being altered. Therefore, photocatalysis depends upon the simultaneous
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use of light and catalysts to speed up a chemical reaction. The concept of photocatalysis
was first introduced by Fujishima and Honda in 1972, where water was split using a TiO2
electrode under UV light. The main idea of applying photocatalysis to purify wastewater
depends upon the generation of free radicals, which can react with organic components
in wastewater, resulting in the degradation of that component [36].

The general mechanism of semiconductor-assisted photocatalysis is represented
in Figure 2, when light energy (photons) hit the semiconductor surface with energy
equal to or higher than the bandgap energy. Electrons from the valance band will get
excited to the conduction band, leaving holes at the valance band. The holes at the
valance band can react with water molecules, generating hydroxyl radicals, which have a
strong oxidizing capability that is used to degrade organic matters. However, electrons at
the conduction band can interact with oxygen-generating superoxide anion. Therefore,
alternative oxidation and reduction reactions can occur by the formed electrons and
holes [37].

Figure 2. General photocatalytic mechanism. Adapted from [38] with modifications.

Although semiconductor photocatalysis has many advantages compared to other
wastewater removal techniques, many aspects need improvement. Particularly, the
problem of fast recombination of the electron–hole pair, which significantly affects the
photocatalytic performance [39]. Furthermore, the utilization of natural energy resources
is limited, since some of the photocatalysts have a maximum absorption wavelength
in the UV range [15]. Additionally, the morphology of some nanomaterials might not
provide an efficient surface–light interaction; this can be improved by increasing the
surface area/volume ratio. It has also been shown that the shape of the nanomaterial can
influence the electron mobility, as in TiO2 nanoparticles, which showed lower electron
mobility compared to highly ordered TiO2 nanotubes [39]. Besides this, the overall
cost and safety of the material must be considered [36]; although TiO2 suffers from
many of the mentioned limitations, it is still used due to its affordable cost [15]. TiO2 is
also more chemically stable compared to other semiconducting materials with a lower
energy bandgap, such as g-C3N4, which is also vulnerable to degradation by hydroxyl
radicals [40].

Generally, increasing the overall photocatalytic efficiency would enhance the degra-
dation of antibiotics. There are variety of studies testing different material characteristics
to overcome such limitations. For example, surface engineering and morphology opti-
mization can greatly affect photocatalytic performance. The photocatalytic activity would
be enhanced by maximizing the active sites, mainly by increasing the surface area and
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increasing the proportion of crystal facets. [41,42]. Inducing defects such as anion or
cation vacancies can affect the photocatalytic activity as well [43]; for example, oxygen
vacancy was shown to enhance light absorption and charge separation in BiOBr. [44].
Doping semiconducting materials is another approach used to narrow the bandgap;
doping can reduce the recombination rate as well as shift the absorption wavelength
to a visible range [17]. Different dopants can be used, such as Ag, Mg, Cu, Rb, S, N
and P. Additionally, semiconductor photocatalysts can be either doped with a single
dopant or co-doped with two dopants [45]. Heterojunction charge transfer is another
method where the photocatalytic performance is improved by lowering the recombina-
tion rate of electron–hole pairs. Semiconductor heterojunction depends upon combining
the semiconductor material with other material, which can be metallic, carbon group,
or a semiconductor. When coupling a semiconductor with another semiconductor, the
photocatalytic efficiency would be enhanced, as photoexcited electrons will transfer from
the semiconductor with more negative positions in the conduction band to the other
semiconductor, whereas holes will be transferred from the more positive positions in the
valance band to the other semiconductor with lower positions, which leads to overall
enhanced charge separation, and, thus, better photocatalytic activity. [46]. A further
approach to improve photocatalytic activity is the use of the plasmonic effect by involving
metallic nanoparticles. Metallic nanomaterials such as Au and Ag have a property known
as surface plasmon resonance (SPR). Upon irradiation, if the incident energy is enough to
prevent the positive nuclei-restoring force, the valance band of the metallic particle will
be generated. When metallic nanoparticles are combined with semiconductor material,
the light absorption will be enhanced, as electrons will migrate to the conjugated semicon-
ducting material; thus, overall photocatalytic efficiency will be improved. [17]. Non-Nobel
metals such as bismuth, aluminum, and copper were also reported to have a plasmonic
effect. They can be used as an alternative to nobel metals due to their convenience and
low cost [47].

There are further approaches used to enhance the photocatalytic activity; adding
a sensitizer is one of them. Organic metal complexes, such as Ru(bpy) 2 + 3 (bpy = 2′,2
bipyridine), can be used as a sensitizer. However, sensitization is highly dependent on
the solution pH, as it involves the adsorption of the molecule on the surface. Further-
more, a sensitizer might be degraded if an electron donor is not present. Sensitization
has not been commonly used recently; rather, research focuses on other approaches to
enhance photocatalytic activity [41,48]. Hydrogenation is another approach to enhancing
the photocatalytic performance. Hydrogenation, as the name implies, involves adding
hydrogen molecules to the semiconductor’s surface by a chemical reaction using catalysts
or by applying H2 plasma treatment [30]. The surface of the semiconducting material can
be either fully or partially hydrogenated, i.e., different degrees of hydrogenation can be
achieved. A study conducted by Yan, Han et.al revealed that slightly hydrogenated TiO2
nanoparticles enhanced the photocatalytic degradation of organic dyes by enhancing
the light absorption at the UV range. However, highly hydrogenated TiO2 nanoparticles
showed a lower photocatalytic performance compared to the pristine form [49]. An-
other study showed an enhancement of g-C3N4 performance after hydrogenation; this
enhancement was mainly attributed to the redistribution of charge density in valance and
conduction bands, which leads to efficient charge separation [50].

A novel approach to enhancing photocatalytic performance is coupling the semi-
conducting material with phosphor. The photocatalytic process involves the use of a
photoreactor that ensures an appropriate interaction between photons, the chemical reac-
tant, and the photocatalyst. The photoreactor must be properly designed, so that all the
photons emitted from the light source are collected. Unlike classical chemical reactors,
different reaction parameters, like pressure, temperature, and fluid dynamics, are less
important in the photoreactor, and controlling these parameters will not give the best
photocatalytic results. However, the optical path length is an important parameter in
the photoreactor’s design. This makes sure that the photon flux is uniform inside the
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reactor. This parameter is critical as, when the light travels through the photoreactor,
the photons are absorbed by the photocatalyst. This leads to scattering and decaying
of the photon intensity, causing a non-uniform reaction rate in the photoreactor. This
problem can be overcome by coupling the photocatalyst with light-emitting phospho-
rescent particles such as phosphors. Phosphor material is a substance that is based on a
lanthanide-doped material that emits light and exhibits luminescence characteristics upon
exposure to electromagnetic radiation. The introduction of phosphor to the system can
enhance the photoreactivity by transforming the external light 365 nm radiation into 440
nm emission, as well as by allowing the photoexcitation of the fraction of photocatalyst
in the core reactor volume and not screened by the photocatalyst itself. There are three
types of phosphor materials: down-conversion phosphors, up-conversion phosphors, and
long-afterglow phosphors. In the down-conversion phosphor, higher energy photons are
absorbed and emitted as lower energy photons [51,52]. Different transition metals, such as
Eu2+, Er3+, and Pr3+, showed light emission at different wavelengths. This phenomenon
will help to tune the emission spectra to the required specifications. It has been reported
that when phosphor is coupled with a dye, the emitted photons from phosphor can be
easily absorbed by the dye, leading to excitation and the generation of electron–hole
pairs. A commonly studied material is N-doped TiO2 coupled with phosphor, which
showed enhancement in photon transfer in the reactor [53]. The mechanism by which
phosopher enhances the photon transfer is illustrated in Figure 3. The down-conversion
phosphor material can absorb UV light and emit photons at the visible range inside the
photoreactor, which can be absorbed and utilized by the photocatalytic material. This
system was shown to enhance the photocatalytic activity and degradation of different
organic compounds such as Methylene blue, phenol, and Terephthalic acid [53].

 

Figure 3. The down-conversion phosphor way of action. Adapted with permission from [53]. Copyright 2015 Elsevier.

An upconversion phosphor is a further approach through which visible light ab-
sorption by the photocatalysts is enhanced. In this approach, lower energy photons
are transformed into higher energy photons. There are three mechanisms by which the
up-conversion phosphor works; these are excited-state absorption, photon avalanche,
and energy transfer up-conversion. Sacco, Vaiano and Sannino describe in detail all three
approaches in detail [54]. Coupling the photocatalyst with a long persistent phosphor
(long afterglow phosphor) is another approach used to enhance photocatalysis. Long
afterglow phosphors such as CaAl2O4: Eu2+, Nd3+ can sustain photocatalysis even after
the removal of the light source or the photoreactor. Those long afterglow phosphors
can store the energy from light and emit it at a slow rate. It has been reported that
this approach is sustainable and saves energy, as the photocatalytic process can be done
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without the presence of light. This approach was used for the degradation of the antibi-
otic ofloxacin by Alberti et al., when they developed N-P doped TiO2 for this purpose;
the study showed 87% degradation of ofloxacin after 50 min of irradiation. The study
showed 95% degradation of the antibiotic after 30 min of total irradiation (i.e., alternating
radiation–light cycle followed by dark cycle) [55].

5. Commonly Used Semiconducting Materials for Antibiotic Degradation

5.1. Semiconducting Metal Oxides

Metal oxides have been shown to have certain properties that make them suitable
candidates for photocatalysis, for example, light absorption (UV, visible light, or both
combined), which initiates charge separation and the photogeneration of electrons and
holes. Additionally, they are biocompatible, safe, and stable when exposed to differ-
ent conditions. Metal oxides include the oxides of titanium, zinc, tin, vanadium, and
chromium [56].

TiO2 is the most studied metal oxide for photocatalysis, due to its superior properties
such as good optical and electronic properties, chemical stability and reusability, non-
toxicity and low cost. Although TiO2 is a promising material for commercial use, TiO2
suffers from limitations, as it has a large bandgap (3.2 eV), thus limiting visible light
utilization, which makes its application uneconomic. There are a variety of studies
regarding TiO2 modification to obtain a better photocatalytic performance, which would
make its application more feasible [57–61]. ZnO is another semiconducting material that
has a better quantum efficiency than TiO2; furthermore, recent reports suggested that
ZnO has higher photocatalytic efficiency compared to TiO2, especially if used at a neutral
pH [62,63]. Nevertheless, the high recombination rate of the photogenerated electron–hole
pairs restricts the utilization of ZnO in its pure form. Several studies reported doping ZnO
with metals like Ag and Fe [64] or non-metals like N and C. Different studies suggested
improvements in photocatalytic properties after doping the ZnO; for instance, a study
reported that the ZnO 12 S incorporated nanoparticles for the degradation of organic
dyes. This material showed a 100% degradation efficiency that decreased to 92% after
five cycles of reuse [65]. Other studies showed enhanced photocatalytic performance of
ZnO-based materials [66–68].

Tungsten oxide WO3 is another metal oxide that has received considerable attention
due to its abundance, cost-effectiveness, and non-toxicity [69–71]. Unlike TiO2, it exhibits
12% absorption of the solar spectrum. Different studies reported a variety of modification
approaches. In particular, Huang et al. found that W18O49 has higher photocatalytic
degradation efficiency compared to WO3. Different W18O49 morphologies exhibit differ-
ent photocatalytic activities as well. Namely, hollow W18O49 spheres exhibit the highest
photocatalytic activity compared to other morphologies. Despite the fact that W18O49
is more efficient compared to WO3, it is prone to oxidization to WO3. To overcome
this limitation, a study reported the construction of W18O49/TiO2 hybrid; by this, both
stability and efficient photoactivity are achieved [72].

5.2. Bismuth Based Photocatalysts

Bismuth-based semiconductor photocatalysts have been shown to have a good
visible light absorption as their valance band electrons form a hybrid of O 2p and Bi
6s, unlike TiO2 with O 2p orbitals. Those Bi 6s orbitals, when properly dispersed, have
been found to increase the mobility of electrons and holes, as well as reduce the bandgap
energy. For that, Bi-based semiconductors mostly have a bandgap of less than 3 eV. There
are a variety of studies regarding different Bi-based semiconductors for photocatalysis,
such as Bi2O3, Bi2CrO6, Bi2MoO6, Bi2WO6, BiVO4, BiOCl, and BiOBr [73].

Bi2O3 is one of the simplest and most common and major photocatalysts. It has
been applied for both water-splitting and water treatment from organic wastes. Bi2O3
has a bandgap that ranges from 2.1 to 2.8 eV, which makes its utilization for visible
light absorption more efficient. Bi2O3 has five different polymorphisms: α, β, γ, δ, and
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ω-Bi2O3. Metastable phases of Bi2O3 can be converted to the α phase at low temperatures
or the beta phase at high temperatures [73,74].

A further example is bismuth vanadate (BiVO4), which was reported to have superior
physiochemical properties like ferro-elasticity and ionic conductivity [75]. It possesses
three phases: monoclinic, fergusonite, and tetragonal. It has a theoretical bandgap of
2.047 eV, which maximizes its visible light utilization. BiVO4 was used in photocatalysis
for organic waste treatment as well as water splitting [73,76].

Although bismuth-based photocatalysts have been shown to have good photocat-
alytic performance as well as efficient utilization of visible light, some parameters need
to be addressed, for example, the stability of bismuth-based photocatalysts under differ-
ent conditions. Their stability is mainly affected by the photocatalyst intrinsic structure
and its solubility, as well as the solution’s pH. It has been shown that layered bismuth-
based photocatalysts with both covalent and van der Waals bonds are more stable than
layered bismuth-based photocatalysts with van der Waals bonds only. Nevertheless,
bismuth-based photocatalysts usually have low solubility constants, which means that
they cannot always be dissolved in the substrate. Furthermore, their photo-corrosion was
not sufficiently studied [73,77].

5.3. Graphitic Carbon Nitrides

Graphitic carbon nitride (g-C3N4) is a new type of polymeric semiconducting ma-
terial. It is considered as the most stable allotrope compared to other carbon nitrides at
ambient conditions. Unlike TiO2, g-C3N4 can utilize both visible light and UV radiation
due to its narrow bandgap (2.7 eV) [78]. However, g-C3N4 in its pure form endures many
drawbacks, such as the high recombination rate of electron–hole pairs, poor utilization
of visible light, and low electrical conductivity [79]. Therefore, material modification is
necessary to overcome such limitations. Different studies reported the modification of
g-C3N4 mainly by doping with transition metals, noble metals, or non-metals [80,81].
Surface modification was reported as well [82]. Based on several reports in the literature,
doping with noble metal ions was shown to have the best photocatalytic performance.
This was attributed to the higher separation of the photogenerated electrons and holes,
due to the ability of electron capture by the noble metallic ions. For example, a study
reported 96.8% photocatalytic degradation after 120 h of solar light exposure when using
Ag-doped g-C3N4. Despite the fact that noble metal doping can enhance the performance
of g-C3N4 significantly, doping with noble metals is not cost-effective. Consequently,
there are other studies concerning the use of noble metal-free composites [83]. Namely,
Cao et.al designed g-C3N4 coupled with Ni(dmgH)2. This composite showed an efficient
ecosystem-friendly photocatalyst with efficient solar-to-hydrogen conversion. Despite
this, the photocatalytic degradation of different compounds was not studied [84]. Other
studies reported doping g-C3N4 with non-noble metals such as nitrogen [85,86]; those
studies are limited due to the potential toxicity of the N precursors used, such as hydrox-
ylammonium chloride and hydrazine hydrate. Other environmentally friendly non-noble
metallic dopants include carbon; doping g-C3N4 with carbon showed enhancement in
visible light absorption and charge separation. There are other studies concerning dop-
ing with non-noble metals; for more details, a review written by Starukh and Praus
summarizes such studies [87].

There is ongoing research regarding material modification to fabricate and design
nanomaterials with different properties to obtain the best photocatalytic performance,
and thus, better elimination of antibiotics. The next section summarizes the recent studies
related to antibiotic degradation by using semiconductor-assisted photocatalysis.

6. Recent Reports on Antibiotics Degradation with Photocatalysis

6.1. Photocatalytic Degradation of Ciprofloxacin (CIP)

Ciprofloxacin (CIP) C17H18FN3O3 is a second-generation fluoroquinolone antibiotic
that is used to kill and prevent the replication of bacteria. It is used in both humans and
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animals to treat many medical cases, like skin and urinary tract infections [88]. In a study
conducted in 2016, it was reported that CIP represents 73% of the total consumption
among fluoroquinolone antibiotics. It was further reported by another study that the
detected amount of CIP in hospital wastewater can reach up to 150 μg/L, which is
considerably high, and has a potential risk if not eliminated [89]. Considering the frequent
detection of CIP in the environment and water, researchers have been working to improve
its elimination. CIP removal by the photocatalytic reaction can be achieved by attacking
different sites in the CIP structure. Figure 4 shows the chemical structure of CIP and
Figure 5 shows different sites that can be attacked by generated free radicals to decompose
the CIP structure. For more details of CIP degradation pathways, Huo et.al summarize a
variety of approaches and pathways for CIP degradation by photocatalysis [90].

 
Figure 4. Ciprofloxacin (CIP) chemical structure.

 

Figure 5. Different attack sites in CIP structure by free radicals generated by photocatalytic reaction.

Different studies reported the use of photocatalysts which have been modified to
achieve the highest photocatalytic efficiency. Researchers usually start with doping with
a transition metal. Transition metals were shown to enhance photocatalysis when added,
for example, in a study conducted by Das, Ghosh, Misra, et al., where Fe-doped ZnO was
prepared to degrade CIP under visible light irradiation. Here, the authors prepared Fe-
doped ZnO following the precipitation route; after that, they induced the photocatalytic
reaction by dispersing three different concentrations (100, 150 and 200 mg/L) of the
photocatalyst with 10 mg/L of Ciprofloxacin followed by 3.5 h of visible light exposure.
The optimum results were obtained when 150 mg/L of Fe-doped ZnO was used with
66% degradation efficiency, which is five times more than the degradation of the negative
control. The improved photocatalytic activity was suggested to be due to the delay
in recombination that Fe offers, thus the increment in the produced free radicals [91].
Figure 6 represents the degradation of CIP under different conditions. Although Fe,
when added, enhances the degradation, its photocatalytic activity is impaired by its
thermal instability and fast recombination rate. To overcome such limitations, metalloids
such as Boron are used. In one study, Şimşek synthesized boron-doped TiO2 using a
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solvothermal method to degrade CIP under visible light irradiation. TiO2 was doped
with different dopant concentrations (2,4,6,8%) which were then dispersed in 20 mg/L
antibiotic solutions. The degradation efficiency was positively correlated with the dopant
concentration with the maximum degradation rate of B/TiO2 8% of around 88.32%,
which is four times higher than the undoped TiO2. The optimal reaction conditions were
achieved when 1.1 g/L of 8% B/TiO2 was used with a solution pH of 7.1 and with the
presence of 7.23 mM H2O2. The produced material showed a lower bandgap, and thus
better photocatalytic activity, as well as stability, when being reused five times [92]. Non-
metallic dopants like graphene oxide (GO) were also used to improve the photocatalytic
performance, where sphere-like copper tungstate (CuWO4) deposited on 2D GO was
produced by the hydrothermal method. Doping with GO decreased the bandgap of
CuWO4 from 2.5 to 2.09 eV, which enhanced the degradation of CIP, as more than 97% of
CIP was degraded after one hour under visible light irradiation [93]. Co-doping with non-
metals was also reported due to the superior photocatalytic enhancement that it offers.
For that, Qu, Xu, and others developed N,S-doped carbon quantum dots embedded
with ZNO nanoflowers (N, S-CQDs). A hydrothermal method was used to produce
this material, which was tested for the degradation of CIP under visible light. It was
found that 92.9% of CIP was degraded after being exposed to simulated sunlight for
20 min, whereas, 85.8% of CIP was degraded when exposed to natural sunlight for 50
min. The photocatalytic degradation efficiency of un-doped CQDs material was tested
under simulated sunlight irradiation. The degradation rate was 8.6% after only 20 min of
exposure. This is 10 times less efficient than the co-doped material [94]. The utilization of
transition metal oxides was also reported, LaNiO3/TiO2 heterojunction was produced
by the sol-gel method to degrade organic dyes and the antibiotic CIP under visible
light irradiation. The performance of LaNiO3/TiO2 heterojunction was compared to
pure LaNiO3 and TiO2. A 70% degradation of 10 mg/L CIP after 3 h of exposure to
simulated sunlight was reported, which is significantly more than the pure components.
The improvement in photocatalytic activity was attributed to the good separation of
electron–hole pairs offered by the heterojunction. Metallic nanoparticles doping, such as
Ag, was shown to increase the duration of the photogenerated electron–hole pairs. For
that, Alvarez and others developed a AgBr/Ag/Bi2WO6 heterostructure to degrade CIP
under visible light irradiation. The authors reported that 57% of CIP was degraded after
5 h of irradiation. The addition of Ag nanoparticles, even at a low weight %, showed a
significant change in the material’s photocatalytic behavior. The produced heterostructure
showed an improvement in photocatalytic activity compared to the unmodified Bi2WO6.
This is mainly due to the presence of Ag as well as the heterojunction formed by the two
semiconducting materials AgBr and Bi2WO6 [95]. While the addition of Ag nanoparticles
enhanced the photocatalytic activity significantly, it is not cost-effective; other lower-cost
materials are suggested for utilization, such as doping with S or B. To overcome the
drawbacks, such as material agglomeration, that can happen in some of the modified
materials, Zheng et.al. designed graphitized mesoporous carbon TiO2 nanocomposite
to overcome material aggregation. It was reported that the large surface area and the
mesoporous structure enhance the absorption of the antibiotic in the case of its presence
at low concentrations, which enables a convenient interaction with the photocatalyst.

In addition, the graphitized carbon sheets inhibit TiO2 aggregation. The produced
material was tested to degrade CIP. The results suggest a quick and complete degradation
of CIP in 1.5 h, along with inhibition of Vibrio Fischer bacteria [96]. These findings
are important, as there are limited reports on bacterial experimentation. Concerning
the enhancement of photocatalysis by morphology modification, a study reported the
production of double-shelled ZnSnO3 hollow cubes (ZSO-C), which was prepared by
the co-precipitation method and its effect on the degradation of two antibiotics: CIP
and sulfamonomethoxine. The ZSO-C was compared to another two materials: one of
them was prepared by hydrothermal method with hollow polyhedral shape (ZSO-H),
while the other was prepared with the template method (ZSO-T). It was found that
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ZSO-C has the best photocatalytic efficiency and stability compared to the other two
materials, not only in the degradation of the two antibiotics, but also in other dyes such
as methylene blue and methyl orange, with a degradation rate of 85.9%, which is 1.5
times better than ZSO-H and two times better than ZSO-T. The authors attributed that
to the narrower bandgap and larger surface area of ZSO-C compared to the other two
materials [97]. A further study was conducted by Li, Fu, and Zhu; they produced 3D tri
pyramid TiO2 by the hydrothermal method to degrade CIP under UV–visible irradiation.
They reported that the tri pyramid morphology significantly enhanced the degradation of
CIP due to its high specific surface area compared to rod-shaped TiO2. Correspondingly,
the tri-pyramid morphology provided more active sites for catalytic interactions [98].
Green, environmentally friendly methods were also utilized. Particularly, the recent
photocatalyst “layered double hydroxides” (LDHs), was modified by making an LDHs
Pt hybrid, as reported by Z. Li et al. They found that doping LDHs with Pt leads to
significant improvement in photocatalytic activity especially in the visible light range [99].
The mechanism by which CIP was degraded by LDHs/Pt hybrid is presented in Figure 7.

 

Figure 6. Degradation of CIP over time under different conditions. (A) the photocatalytic degradation of 10 mg/L CIP
using 150 mg/L Fe-ZnO when irradiated with sunlight. The degradation was tested using different pH levels. The best
photocatalytic efficiency is near a pH = 9. (B) represents the effect of temperature on CIP photocatalytic degradation at
pH = 9. An unexpected trend was obtained as a decreasing in degradation efficiency when increasing the temperature up to
60 ◦C. C/C0 represents the relative change in CIP with respect to the initial concentration. Adapted from [91].
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Figure 7. The proposed mechanism for the degradation of CIP using layered double hydroxides (LDHs) Pt hybrid. ESR spin
trap experiment was used to determine the dominant free radicals. Scavengers like ascorbic acid, EDTA-2Na and tert-butyl
alcohol were used to trap superoxide anion radicals, photogenerated holes, and hydroxyl radicals. Here, metallic Pt acts as
springboard that facilitates charge separation and electron movement through Pt/LDH heterojunction interfaces. When Pt
is attached to the LDH surface, surface recombination is reduced as the photogenerated electrons transfer to Pt and cannot
return due to the presence of Schottky barrier. Simultaneously, the photogenerated holes migrates to LDH external surface
and degrades CIP by reacting with H2O to form. OH. Adapted with permission from [99]. Copyright 2020 Elsevier.

6.2. Photocatalytic Degradation of Norfloxacin

Norfloxacin is a broadly administered antibiotic that belongs to the fluoroquinolone
antibiotic class. In the past few years, fluoroquinolone antibiotics have caused a major
concern due to their extensive use and environmental toxicity. There are few reports on the
degradation of norfloxacin by photocatalysis using different materials. The mechanism of
degradation have been proposed as well; there are four proposed mechanisms, all sharing
the same attack sites (piperazinyl and quinolone moieties). These mechanisms were
proposed based on the recognition of the degraded intermediates, as shown in Figure 8.
Where Mn:ZnS Quantum Dots were used to degrade norfloxacin Figure 9 represents
different parameters redarding the degredation of norfloxacin using Mn:ZnS Quantum
Dots [100].
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Figure 8. Proposed mechanism for the degradation of norfloxacin; four main pathways are presented. High-resolution
liquid chromatography mass spectrometry was used to determine the produced degradation intermediates. There are 4
suggested pathways; in the first pathway, the norfloxacin is degraded by dehydroxylation reaction. In the second pathway,
structure 2 is produced by defluorination reaction, which is transmitted to structure 3 by decarboxylation and deethylation
reaction. The third pathway is characterized mainly by the removal of piperazinyl group; in this pathway, ring opening
occurs, and 6 intermediates are produced. The fourth pathway is characterized by the opening of the quinolone substituent
and the benzene moiety. Adapted from [100].
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Figure 9. Different parameters were applied to degrade the antibiotic norfloxacin using Mn:ZnS Quantum Dots. (A)
showing the effect of pH on norfloxacin, with pH = 10 owining the best photocatalytic efficiency(B) represents a bar chart
with the effect of the number of catalysts used. (C) signifies the effect of the initial antibiotic concentration. Adapted
from [100].

Nevertheless, it is still necessary to summarize what has been done in the literature
to know where we stand in terms of different materials’ fabrication and the efficiency of
elimination. For this, one study reported the preparation of the In2O3/TiO2 heterostruc-
ture by Yu, Chen and others, by the polymeric precursor method to degrade norfloxacin
under visible-light irradiation. The antibiotic was completely degraded after 10 min of
irradiation. This desirable photocatalytic activity is mainly due to the narrow bandgap
that is offered by the heterostructure, which enhanced absorption at the visible range
and the large specific surface area that allows for better surface–light interaction [101].
Another study was reported by Jin, Zhou, et al., where they produced spherical-shaped
N-doped TiO2 to degrade norfloxacin under visible light irradiation. Within 30 min,
99.53% of the antibiotic was degraded, which cannot be achieved when using TiO2 alone
due to the reduction in the bandgap to 2.92 eV offered by the dopant. The authors further
assessed the toxicity after norfloxacin degradation against E. coli bacteria; they found that
the norfloxacin toxicity reduced to less than 50% after degradation. Moreover, 25% of
mineralization was achieved from the photocatalysis [102]. These findings are impor-
tant, since the antibiotic toxicity against bacteria after the antibiotic degradation was
studied; many studies lack this type of experimentation, disregarding its importance.
The application of bismuth-based nanocomposites was reported by many studies. One
study was done to investigate the effectiveness of Bi2WO6/rGO/Bi25FeO40 heterojunction
in the degradation of norfloxacin antibiotics under visible light irradiation. Different
ratios of Bi2WO6/rGO/Bi25FeO40 were produced by the hydrothermal method. A total
of 8% of Bi2WO6/rGO/Bi25FeO40 showed the highest ability to degrade norfloxacin. This
enhancement in photocatalytic properties is due to the efficient charge transfer between
Bi2WO6 and Bi25FeO40 and the smaller bandgap in this nanocomposite compared to a
single component. Additionally, the high surface area and enhanced light absorption
of the produced heterojunction contribute to its superior photocatalytic properties [103].
Besides this, Bi2MoO6/rGO/BiOBr heterostructure was developed by Zhang et al. to

154



Catalysts 2021, 11, 437

degrade norfloxacin under visible light irradiation. The heterostructure showed a superior
degradation rate of the antibiotic, with 78.12% degradation. This is approximately four
times more than the degradation of Bi2MoO6 and BiOBr alone, and one time better than
the degradation of Bi2MoO6/BiOBr heterojunction. The enhancement in the photocat-
alytic property was attributed to the formation of heterojunction as well as the presence
of rGo, which speeds up the electron transfer [104]. A further study was conducted to
test the efficiency of the COFe2O4-rGO-BiOBr magnetic nanocomposite for the degra-
dation of norfloxacin antibiotics under visible light irradiation using a mercury lamp.
The nanocomposite was prepared by the hydrothermal method. The authors found that
COFe2O4-rGO-BiOBr has higher photocatalytic efficiency compared to single or binary
systems. This improvement was attributed to the formation of a heterojunction between
COFe2O4 and BiOBr. rGO was used to increase the electron transfer rate. The overall pho-
tocatalysis rate was intensified due to the faster transfer rate and lower recombination rate.
This makes COFe2O4-rGO-BiOBr a candidate material for photocatalysis [105]. There
are very few studies regarding the utilization of quantum dots to degrade norfloxacin.
One recent study reported the fabrication of novel Mn-doped ZnS quantum dots. The
produced material exhibited an excellent degradation property; however, the material
was tested only under UV irradiation [100]. A less recent study reported the design of
carbon quantum dots loaded with mesoporous g-C3N4. This material showed an en-
hanced photocatalytic performance for fluoroquinolone antibiotics including norfloxacin
compared to the bulk g-C3N4 or the unloaded. It was revealed by scavenging experiments
that superoxide anion radical (O2

−) and photo-hole (h+) are the main active species. The
degradation mechanism was proposed based on the produced intermediates [106].

6.3. Photocatalytic Degradation of Tetracyclines

Tetracyclines are a class of broad-spectrum antibiotics that was first utilized in
1940. They are used for the management of bacterial infections caused by Gram-positive
and negative bacteria. Tetracyclines are usually consumed by a human for disease
management, or animals as a growth-promoter. Tetracyclines cannot be completely
metabolized by humans or animals, leading to their entry into the environment, causing
many adverse effects on the food chain, and thus affecting human and animal health.
Removing such antibiotics by photocatalysis was reported, using different materials and
mechanisms of degradation [107,108]. Figure 10 represents the chemical structure of
Tetracycline.

Figure 10. Tetracycline chemical structure.

There are different proposed mechanisms on the photocatalytic degradation of tetra-
cyclines; some of the reported mechanisms did not show a ring-opening in tetracycline
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structure. It was reported that degradation without ring opening is not efficient as
the antibiotic would still retain its function. It has been reported by some studies that
tetracyclines can be degraded by UV or simulated sunlight [109]. Figure 11 represents
degradation mechanisms by photolysis and photocatalysis.

 

Figure 11. A proposed tetracycline degradation mechanism. The structures of these intermediates were suggested based
on their retention time, the fragmentation pattern from the mass spectra and from structures suggested by other studies.
There are two pathways of degradation based on the intermediate degradants. In the first pathway, two intermediates are
produced, where P5 was produced by the addition of an OH radical to the C11a–C12 double-bond, which then transforms
to P4 by H-abstraction at C5a by hydroxyl radical attack. In the second pathway the first intermediate (P3) was produced by
the elimination of –CH2, group which either transforms to P1 by dehydration reaction of P2 or by the loss of –CH2 group.
Adapted with permission from [107]. Copyright 2016 Elsevier.

Many studies reported a variety of modified materials used to eliminate tetracyclines
from wastewater. Various studies reported the modification of graphitic carbon nitrides
to achieve the best photocatalytic efficiency. One of these studies reported the fabrication
of Ag-doped graphitic carbon nitride (Ag-doped g-C3N4). Tri, Kim et al. tested Ag-doped
g-C3N4 against the degradation of the tetracycline under solar light irradiation. The best
photocatalytic degradation was when 3 mmol of Ag was used, with a 96.8% degradation
rate after 2 h of exposure to solar irradiation. The same experiment was done, but to
degrade antibiotics from hospital water; the material showed 89.6% degradation efficiency
after 2 h of solar exposure. The produced material showed stability and reserved its
degradation ability after six cycles of reuse. The good performance of the doped g-C3N4
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is attributed to the efficient charge separation and charge transfer [83]. In another study
by Jodeyri et al., they developed an Ag/C3N4-Clinoptilolite nanomaterial to eliminate
tetracycline antibiotics under simulated solar light irradiation. They found that 90% of
the antibiotics were degraded after 3 h of exposure when Ag/C3N4-Clinoptilolite nano-
photocatalyst was used, which showed superior efficiency when compared to Ag/C3N4,
C3N4-Clinoptilolite, and C3N4. This enhancement is attributed to the improvement in the
specific surface area that Clinoptilolite offers, as well as the SPR, due to the presence of
Ag [110]. Further study was done using urea-derived graphitic carbon nitride (g-C3N4)
doped with four different metals (K, Na, Mg, and Ca) to find the effect of different metal
dopants on morphology, structure, and photocatalytic activity. The produced materials
were tested to degrade three different antibiotics (tetracycline, Enrofloxacin ENR, and
sulfamethoxazole) under visible light irradiation. All the produced photocatalysts were
compared to undoped g-C3N4. Undoped g-C3N4 showed a degradation ability, with a
removal rate constant of 0.014/minutes after 2 h of exposure. This rate was significantly
increased to 3.3 when Ca was used as a dopant, and 5.4 when K was used as a dopant.
The best photocatalytic performance was for g-C3N4 doped with K > Na > Mg > Ca >
undoped g-C3N4. The improvement in photocatalytic performance was attributed to the
narrowing bandgap, which thus increased charge separation efficiency and extended
charge lifetimes [111].

The co-doping of g-C3N4 was also reported. In one study, g-C3N4 was co-doped
with Phosphorus and Sulfur by in situ thermal copolymerizations to degrade tetracycline
under visible light irradiation. In their experiment, they dispersed 0.5 and 1 g/L of the
photocatalyst with 10 mg/L tetracycline, which was then exposed to 100 mW/Cm2 of
visible light for 2 h. It is shown that the Co-Doped g-C3N4 is 5.9 times more efficient
than the undoped material, with a 70.33% degradation rate. It is suggested that the better
performance of the codoped material compared to single-doped or undoped material
is due to enhancements in light trapping, surface area and charge separation [112]. An
additional study where g-C3N4 was co-doped with Na and Cl was reported. The study
showed that the codoped material exhibited enhanced visible light absorption compared
to the non-doped. Moreover, the degradation efficiency of TC-HCl was improved due to
the reduction in the bandgap region as well as the lowered recombination rate [113]. The
plasmonic effect of Au nanomaterials was also utilized, as reported by Xue, Ma, Zhou,
et al., and the plasmonic photocatalyst Au/Pt/g-C3N4 showed a 3.4 higher degradation
rate than the pure g-C3N4. In this study, the photocatalytic activity of Au/Pt/g-C3N4 was
tested for the degradation of the antibiotic tetracycline hydrochloride under visible-light
irradiation. The enhanced activity was attributed to the plasmonic effect of gold nanopar-
ticles, which also increased the optical absorption range. Additionally, the electron sink
effect of platinum contributed to improvements in the photocatalytic activity [114].

Fewer studies on the degradation of tetracycline using bismuth-based materials were
reported. For instance, Wang and others utilized the molten salt method to fabricate
Bi4Ti3O12 nanosheets with moderate ratios of top and lateral facets. They found that the
best photocatalytic ability was for Bi4Ti3O12, with {001} top facets to {010}/{100} lateral
facets. This material showed an improvement in photocatalysis for the degradation of
tetracycline hydrochloride (TC-HCl) under Xenon lamp irradiation. The mechanism by
which TC-HCl was degraded is mainly by the generation of h+, where O2− plays only a
marginal role in photocatalytic degradation [115]. Owing to the superior properties of
bismuth ferrite -BiFeO3 (BFO), such as the suitable bandgap (2.2 eV), the low cost and the
chemical stability, Zhou, Jiang, Chen, et al. modified BFO to enhance the photocatalytic
activity. For that, they produced Er-doped BFO nanoparticles by the sole gel method,
which was tested for the degradation of tetracycline hydrochloride under visible-light
irradiation with a wavelength of >420 nm. Different concentrations of Er-doped in BFO
were prepared (1%, 3%, and 5% Er) and compared to undoped BFO. The photocatalytic
activity was tested by dispersing 200 mg of doped or undoped BFO on 100 mL of a
30 mg/L tetracycline solution, which was then irradiated to assess the photocatalytic
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degradation efficiency. A linear increment in the surface area of BFO with increasing
Er concentration was observed, with the highest surface area for the 5% Er-doped BFO.
However, the highest photocatalytic degradation was for the 3% Er-doped BFO with a
75.8% degradation rate which is approximately 3 times higher than the undoped BFO. The
enhanced photocatalytic degradation of the doped BFO was attributed to the enhanced
absorption wavelength of the doped material especially at the visible range spectra when
assessed by UV–vis DRS spectra. Additionally, the doped material revealed a good charge
separation and migration, as well as a low recombination rate, compared to the undoped
material [116]. Moreover, Wang et al. fabricated a BiVO4/TiO2/RGO nanocomposite for
the photocatalytic degradation of four types of tetracyclines antibiotics upon visible light
irradiation. They tracked the degradation of antibiotics by detecting the intermediate
products that are formed due to antibiotic degradation. They achieved a homogenous
distribution of BiOV4 and TiO2 particles when increasing the GO content to 0.3% and
0.5%. The greatest photocatalytic degradation was achieved when 0.5% of GO was used,
with 80% antibiotic degradation after 1 h. The photocatalytic efficiency of the produced
composite was the best when compared to two produced materials: BiVO4/RGO and
TiO2/RGO. The authors claimed that the presence of GO is advantageous, as it separates
the photogenerated electron–hole pairs and thus reduces the recombination chances.
Hence, the photogenerated electrons will move from the BiVO4 conduction band to TiO2,
which improves the degradation rate. Furthermore, the decoration with GO leads to a
drop in the bandgap of BiVO4 and TiO2, which also prevents the fast recombination of
electron–hole pairs [117].

The photocatalytic activity of Bi2O3/montmorillonite was enhanced by the addi-
tion of Ag nanoparticles, as reported by Tun, Wnag, et al., where they produced Ag
Bi2O3/montmorillonite nanocomposite by thermal and impregnation method. They
tested the produced nanocomposite for the degradation of 20 mg/L tetracycline under
visible light irradiation. The results showed significantly enhanced photocatalytic activity
when silver is used compared to unmodified Bi2O3/montmorillonite. The dosage of the
catalyst was directly related to the degradation rate, as the degradation rate increased
from 78.1% to 90% when increasing the dosage from 0.5 to 1 g/L. The enhanced photo-
catalytic activity was attributed to the presence of more reaction sites, enhanced charge
separation, and improved absorption at the visible light spectral range. Additionally, the
produced nanocomposite showed good stability and reproducibility when reduced four
times, without any significant loss in photocatalytic activity [118].

CdS is another material that was utilized due to its suitable band gap that allows it
to absorb light in the visible region (2.4 eV). Nevertheless, its modification is needed to
enhance material stability, as, in aqueous solution, CdS is associated with photo-corrosion
and the release of toxic Cd+2 ions. For this, the authors designed a CdS/N-doped Carbon
composite using the in situ carbonization method to degrade tetracycline antibiotics
under visible light irradiation. The produced material achieved 83% degradation of the
antibiotic within one hour, which is considered to be effective and comparable to the
best performing photocatalysts. A trapping experiment was done to understand the
mechanism of degradation. It was found that the degradation of antibiotic occurs in two
steps: the first degradation step involves oxidation by three dominant radicals, h+, ·OH
and O2

−, which prompts ring opening followed by a consequent degradation, where
complete decomposition is done, with the production of H2O and CO2 as end products.
Furthermore, cyclic experiments showed that the material is stable and able to be reused,
which makes it a candidate material for future wastewater treatment [119].

An additional study was conducted by Xue, Ma, Zhou et al., where they designed
an Ag/ZnO/C nanocomposite. Here, Au and ZnO nanoparticles were deposited on
carbonaceous layers by facile calcination and the photo-deposition method. They utilized
the produced material to degrade the antibiotic tetracycline hydrochloride under UV
and visible-light irradiation. The photocatalytic activity of Ag/ZnO/C was compared
to ZnO and ZnO/C, where 100 mg of each photocatalyst was dispersed on 100 mL of
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20 mg/L of the antibiotic then exposed to visible light irradiation for 280 min. The best
photocatalytic activity (90.6% degradation) was for Ag/ZnO/C, which has enhanced
visible light absorption, and due to the presence of Au nanoparticles, which exhibit a
plasmonic effect, compared to ZnO alone (15% degradation), due to the large bandgap and
low absorption at the visible light spectrum, and ZnO/C (81% degradation rate), which
has no SPR effect [120]. Additionally, Semeraro et.al. reported the use of a ZnO/γ-Fe2O3
Paramagnetic Nanocomposite Material, where 88.52% degradation of tetracycline was
achieved. Figure 12 represents different experimental parameters in which ZnO/γ-Fe2O3
was tested [68].

 
Figure 12. (A) shows the effect of different ZnO/γ-Fe2O3 concentrations of tetracycline degradation, in which 15 mg showed
the highest degradation efficiency (B) represents the TC (%) vs. irradiation time (min) graph with different materials with
the best tetracycline degradation efficiency of ZnO/γ-Fe2O3 (C) represents the tetracycline degradation efficiency with
tr, using the prepared ZnO/γ-Fe2O3 with slight degradation in the material efficiency after 3 cycles of re-use. Adapted
from [68].

6.4. Photocatalytic Degradation of Sulfamethoxazole & Other Antibiotics

Sulfamethoxazole is a widely used antibiotic that belongs to the sulfonamides antibi-
otic group, which is the oldest antibiotic used in human and veterinary. These antibiotics
pose thermal and photostability as well as high solubility in water. This enabled these
antibiotics to spread in the environment at a high rate [121]. There are some reports
regarding the use of TiO2 to degrade sulfamethoxazole; from older reports, it was already
shown that TiO2 can degrade sulfamethoxazole, forming products that are less toxic and
biodegradable compared to sulfamethoxazole [122]. Although toxicity with bacterial
experimentation was reported, the utilization of visible light instead of UV radiation
was not studied. Novel materials, such as TiO2 immobilized on expanded perlite (EP)
(EP-TiO2-773), were tested as well by Długosz and colleagues; they reported a noticeable
photocatalytic enhancement of EP-TiO2-773 using UV–vis irradiation [121]. The mecha-
nism of degradation was proposed, as shown in Figure 13 A more recent study utilized
iron-doped TiO2 (Fe-TiO2) under simulated sunlight irradiation. Different Fe/TiO2 molar
ratios were used (0–2%); however, the best photocatalytic degradation was achieved when
1 g/L of 0.04% of Fe/TiO2 molar ratio was tested. A 95% degradation of the antibiotic
was achieved after 90 min of exposure to visible light, where hydroxyl radicals were
the major contributors to the degradation. It was unexpectedly shown that the presence
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of bicarbonates at concentrations from 0.125 to 2 g/L have a synergistic effect in the
degradation of the antibiotic, along with the photocatalyst. Nevertheless, increasing the
complexity of the water matrix was inversely proportional to the degradation rate and
reduced the efficiency of the photocatalyst [123]. Figure 14 represents the degradation of
sulfamethoxazole under different conditions.

 

Figure 13. A proposed mechanism for the degradation of sulfamethoxazole antibiotic using (EP-TiO2-773). The degradation
was determined by HPLC analysis, which showed the disappearance of sulfamethoxazole peaks and the appearance of
new peaks. Two pathways are mainly involved. The first pathway involves the photogeneration of hydroxyl radicals
which resulted from the interaction of holes with water. The second pathway involves the electron transfer from the excited
organic molecule to TiO2 conduction band. Adapted with permission from [121]. Copyright 2015 Elsevier.

A further example is bismuth-based photocatalyst, which was used in a study done
by Ling, Yue, Yuan et al. Dot-shaped TiO2 is produced on microrod Bi2O4 with different
molar ratios of Ti to Bi by the two-step hydrothermal method. These photocatalysts
were tested for the degradation of Sulfamethoxazole (SMZ) under simulated sunlight as
well as natural sunlight. A photochemical reactor was used to experiment with a xenon
lamp to simulate the sunlight. A total of 25 mg of the photocatalysts was dispersed in
a 60 mL quartz tube, with from 50 of 10 mg/L of the antibiotic. It was found that the
best degradation was achieved with the Ti: Bi molar ratio (2.0), where the photocatalytic
activity was enhanced by 64% under simulated sunlight and 112% under visible sunlight
compared to pure Bi2O4. Moreover, 90% of 10 mg/L of SMZ was degraded under natural
sunlight after 2 h of exposure. Scavenging experiments revealed that the main contrib-
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utors in photodegradation are h+ and O2
· −, and the enhanced photocatalytic behavior

is due to the effective heterojunction and charge transfer [124]. Moreover, Alvarez and
others designed TiO2 doped with boron with different weight % by the sol gel method.
The produced material was subjected to surface modification by Au nanoparticles which
exhibit SPR effect. The produced material was tested for the degradation of sulfamethox-
azole antibiotics. The best mineralization was for 0.5 wt% Au/0.25 wt% BTiO2; this
nanocomposite exhibited better mineralization and photocatalytic activity compared to
the single components. This is mainly due to the boron doping. which reduced the
particle size, thus increasing the surface area and allowing for better light interaction. Ad-
ditionally, the introduction of Au nanoparticles acted to reduce the recombination rate of
the photogenerated electron–hole pairs [125]. Further study with toxicity assessment was
performed by Naraginti et al. The authors fabricated Ag3PO4 integrated with N-doped
rGO. The degradation efficiency of this composite was assessed against sulfamethoxazole
antibiotic, under visible light irradiation. The photocatalytic performance was dependent
on variants like pH, the dopant content (N), and catalyst dosage. The best activity was
seen when a pH of 5.8, N content of 5.14%, and 0.2 g/L of catalyst were used. These
conditions lead to 93.8% degradation of sulfamethoxazole after one hour. It was further
reported that the toxicity against bacteria is reduced after the photodegradation [126].

 

Figure 14. (A) Signifies the effect of iron doping level, where 0.5% Fe/TiO2 showed the most efficient photocatalytic
degradation. (B) represents the effect of initial SMZ concertation; as noted, there is a decrement in the rate constant as the
concentration of SMZ increases. Adapted with permission from [123]. Copyright 2019 Elsevier.

Another antibiotic that belongs to the sulfonamides class is sulfadiazine (SDZ). These
drugs have been known to be resistant to degradation by different methods, including
biological oxidation. One study was conducted by Dhiman, Dhiman, Kumar, et al., where
they used spinal ferrites with the general formula of MFe2O4 due to its comparatively
narrow bandgap as well as good electrical and magnetic properties. The authors prepared
nano-Zn1−xMgxFe2O4 by the facile sole gel method to find the effect of using Mg-
substituted nano-Zinc ferrite in the photocatalytic degradation of pharmaceuticals under
visible light irradiation. In their experiment, they dispersed 0.3 g/L of the photocatalyst
to 10 mg/L of the antibiotic solution; the reaction was done in a glass photochemical
reactor where the samples were exposed either to artificial visible light (400 mW/cm2)
or natural sunlight. They found that 99.1% of SDZ was degraded after 90 min of visible
light exposure. Scavenging experiments confirmed that hydroxyl radicals are the major
ROS that contribute to the degradation of SDZ. The efficient photocatalytic activity was
attributed to the introduction of Mg ions, which reduced the bandgap of the photocatalyst,
thus offering higher visible light absorption as well as better charge flow [127].

Another great study of the degradation of eight antibiotics (amoxicillin, ampicillin,
doxycycline, oxytetracycline, lincomycin, vancomycin, sulfamethazine, and sulfamethox-
azole) was done by Do, Nguyen et al., who added Au nanoparticles to enhance the photo-
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catalytic activity of TiO2. They prepared Au nanoparticles NP-decorated TiO2 nanotubes
arrays (TNAs) and Au NP-decorated TiO2 nanowire on nanotube arrays (TNWs/TNAs).
the degradation was assessed under different light wavelengths (UV and visible light
irradiation). The photocatalytic behavior of the produced materials was compared to
TiO2-decorated TNAs and TNWs/TNAs without the presence of Au. They found that
Au-TiO2-decorated TNWs/TNAs have the highest photocatalytic degradation for the
eight antibiotics, with enhanced visible light absorption after 20 min of exposure. The
enhanced behavior was attributed to the large surface area of TNWs/TNAs. Additionally,
the presence of Au nanoparticles has a plasmonic effect [128]. The degradation of the
antibiotic amoxicillin was studied using TiO2 co-doped with Pt and Bi. Salimi, Behba-
hani, Sobhi, et al. They prepared multiple materials with different concentrations of the
dopants. The maximum photocatalytic degradation efficiency was achieved when 1 Pt-5
Bi-TiO2 is used, with a degradation efficiency of 87.67%, which is 21 times more efficient
than using undoped TiO2. The authors credited the enhanced efficiency of narrowing
the bandgap that the dopants provided (2.7 eV). Additionally, quenching experiments
showed that h+ and superoxide radicals are the key players in photocatalytic antibiotic
degradation. The reusability and stability for 1 Pt-5 Bi-TiO2 were assessed; there were
no changes in photocatalytic ability when recycled for more than four cycles. Moreover,
photo corrosion was not detected after being recycled, which signifies the stability of
the material [129]. A further study was conducted by Eswar, Ramamurthy, and Madras,
where they produced vanadium and nitrogen co-doped TiO2 (V-N TiO2) by the hydrother-
mal method for the degradation of the antibiotic chloramphenicol, as well as bacterial
degradation under visible light irradiation, using a halide lamp with 220 μW/cm2. They
used a photochemical reactor to experiment by dispersing 1 g/L of the photocatalyst in
25 ppm aqueous solution of the antibiotic with bacterial suspension (E.Coli). The novelty
of this study is in assessing the photocatalytic degradation efficiency of the produced
V-N-TiO2 to decompose both the antibiotic and the bacteria when they are in proximity.
They found that the best degradation efficiency is achieved when the concentration of V:N
is 2 atom%:1 atom%. The authors reported an enhancement of the photocatalytic activity
after co-doping, due to the enhancement in the visible region that co-doping offered when
enhancing the charge transfer mechanism [128].

7. Conclusions and Perspectives

Semiconductor-assisted photocatalysis is a candidate approach for wastewater treat-
ment from different pharmaceuticals, mainly antibiotics. The degradation of antibiotics is
achieved by the formation of free radicals and reactive oxygen species. Different semicon-
ducting materials were studied for antibiotic degradation under visible light irradiation.
Semiconducting material modification was achieved, applying different modification
methods such as doping, manipulating the morphology and surface area, heterojunction,
and SPR. Although different materials showed enhancement in photocatalytic activity
after modification, there are only a few studies regarding the safety of some materials
using animal models. Furthermore, most, if not all, of the studies are being done at
the laboratory scale. The transition from laboratory beaker to a larger scale is definitely
complex, but it will provide a more realistic indication of how the behavior will be at the
industrial scale. Moreover, most of the studies reported the stability of the photocatalysts
under different conditions. However, the elimination of the photocatalysts from the
wastewater after the treatment was not fully studied. Another major problem is material
stability and reusability at a larger scale. Filling those research gaps will help to guarantee
the overall photocatalytic safety and efficiency, and thus improve application.
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