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1. Introduction

The toxicity and fate of pharmaceuticals and other emerging micro-organic contaminants in the
natural and built environments have been the focus of much research over the last 20 years [1,2].
Recently, particular focus has been centred on the fate of antimicrobial chemicals, including antibiotics
and antifungals, as well as other medicinal and anthropogenic chemicals [3]. The occurrence of such
contaminants in the environment is thought to contribute to adverse outcomes, including the selection
of antimicrobial resistance [4] and endocrine disruption in exposed non-target organisms [5]. Much
work is needed to elucidate the environmental fate of micro-organic contaminants, particularly related
to their removal from sewage effluents and their potential uptake into both aquatic and terrestrial
foodstuffs [2]. Underpinning such work is the need for innovative and robust analytical methodologies
for the quantification of these contaminants in a broad range of environmental matrices.

2. Micro-Organic Contaminants: Perspectives on Detection, Effects and Removal/Treatment

This Special Issue (SI) brings together a broad range of recent advances in the field of micro-organics,
ranging from medicinal contaminants to industrial chemicals in the environment. Notably, these range
from chemical extraction and large-scale analysis to adverse effects on non-target aquatic organisms
and potential risk to humans via contaminated foodstuffs. Additionally, this Special Issue presents
novel contaminant treatment and degradation methods of both physical and biological natures. A
total of nine articles were selected for publication.

The first article, authored by Svahn and Björklund, presents an innovative and widely accessible
methodology by which pharmaceuticals can be extracted from complex environmental matrices using
a household espresso machine [6]. Such advancements have the potential to increase accessibility to
environmental research, which is dominated by the use of complex and often prohibitively expensive
equipment. As such, access to technology, such as the highly sensitive mass spectrometers needed
to quantify micro-organic contaminants, tends to disproportionally favour wealthy countries (e.g.,
Western Europe, North America and China) [7] and institutions. The second article of this SI, authored
by Wilkinson et al., presents an innovative methodology by which access to such analytical equipment
may be achieved [7]. The authors accomplish this via affordable, validated and scientifically robust
means for quantification of a broad suite of antimicrobials and other common medicinal products in a
worldwide water enabling study [7].

With the capability and means to extract and quantify micro-organic contaminants, the study of
the concomitant biological effects they may elicit in exposed organisms was also a focus of this SI. The
selection of resistance to antimicrobial medicines is of increasing concern to the scientific community. In
the third article of this SI, Osińska et al. demonstrate that the occurrence of antimicrobial-resistant genes
to beta-lactams and tetracyclines is frequently detected and poorly, if at all, removed in wastewater
treatment plants [8]. Similarly, the authors of the fourth article in this SI, Park et al., found that

Appl. Sci. 2019, 9, 2997; doi:10.3390/app9152997 www.mdpi.com/journal/applsci1



Appl. Sci. 2019, 9, 2997

contaminants commonly detected in wastewater (plasticisers and a biocide) manipulate the expression
of the egg yolk protein vitellogenin in a compound and dose-specific manner [9]. Studies elucidating
the potential biological impacts of micro-organic contaminants were not limited to lower organisms in
this SI. The fifth article presents a human health risk assessment for secondary exposure to veterinary
medicines via consumption of contaminated shrimp [10]. Tsai et al. conclude that while some
aqua-farmed shrimp in Taiwan do bioaccumulate detectable concentrations of antimicrobials, the risk
to humans consuming them is negligible.

Ultimately, to reduce the risk of biological disruption on any level, removal or degradation
of micro-organic contaminants is key. In total, four articles in this SI relate to various approaches
to degrading or removing micro-organic contaminants. The sixth article of this SI, authored by
Lee et al., establishes that the types of perfluoro-alkyl contaminants entering wastewater treatment
are linked to the type of local industry, and their removal is most effective via a combination of
oxidation and activated carbon adsorption [11]. Similarly, the seventh article, authored by Baresel et
al., reinforces the finding that adsorption of some micro-organic contaminants is an effective means to
separate them from wastewater effluent prior to discharge into the environment [12]. In addition to
physical separation/degradation, the last two articles of this SI focus on biological removal of such
contaminants. Specifically, Zhang et al. demonstrate effective and rapid degradation of a common
industrial contaminant using the Gram-positive bacterium Rhodococcus sp. [13]. This significant finding
raises the potential for this bacterium to be used for targeted remediation in the environment or for
treatment of industrial wastes [13]. Similarly, the last article of this SI, authored by Bai et al., shows
effective decolorization of various dyes by the Gram-negative bacterium Pseudomonas putida, again
indicating the potential of biological treatments in the breakdown of micro-organic contaminants [14].

3. Perspectives on the Future of Research on Micro-Organic Contaminants in the Environment

While the work presented in this SI offers concrete advancements to the study of anthropogenic
contaminants in the environment, much work is still needed. In future years, it can be anticipated
that increasing water scarcity in light of global climate change and increasing urbanisation of the
global population will stress existing resources for clean freshwater. With this stress may come
increasing contamination of water. Furthermore, little is currently known about the occurrence of
micro-organic pollutants in much of the developing world. Effective means of risk-based prioritisation
of contaminants, particularly in foodstuffs and bathing and drinking water, are needed within this
context. Ultimately, much additional work is needed to identify affordable and effective means by
which to remove these contaminants from water.
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Abstract: Two green chemistry extraction systems, an in-house stainless-steel column Pressurized Hot
Water Extraction system (PHWE) and a commercially available Espresso machine were applied for
analysing 23 active pharmaceutical ingredients (APIs) in sewage sludge. Final analysis was performed
on UPLC-MS/MS using two different chromatographic methods: acid and basic. When analysing
all 23 APIs in sewage sludge both extraction methods showed good repeatability. The PHWE
method allowed for a more complete extraction of APIs that were more tightly bound to the matrix,
as exemplified by much higher concentrations of e.g., ketoconazole, citalopram and ciprofloxacin.
In total, 19 out of 23 investigated APIs were quantified in sewage sludge, and with a few exceptions
the PHWE method was more exhaustive. Mean absolute recoveries of 7 spiked labelled APIs were
lower for the PHWE method than the Espresso method. Under acid chromatographic conditions
mean recoveries were 16% and 24%, respectively, but increased to 24% and 37% under basic conditions.
The difference between the PHWE method and the Espresso method might be interpreted as the
Espresso method giving higher extraction efficiency; however, TIC scans of extracts revealed a much
higher matrix co-extraction for the PHWE method. Attempts were made to correlate occurrence of
compounds in sewage sludge with chemical properties of the 23 APIs and there are strong indications
that both the number of aromatic rings and the presence of a positive charge is important for the
sorption processes to sewage sludge.

Keywords: espresso coffee machine extraction; pressurized hot water extraction; pharmaceuticals;
antibiotics; hormones; sewage sludge; ion suppression; UPLC MS/MS; basic buffer

1. Introduction

More than 1000 different active pharmaceuticals ingredients (APIs) are today used in Sweden [1].
The release of APIs into the water environment has been a subject of research for more than 30 years [2],
and their ubiquitous occurrence at varying concentration levels have been shown in wastewater,
surface water, sediment, groundwater and drinking water [3–9]. Large research resources have been
spent worldwide on investigating the occurrence of pharmaceutical residues in the water phase,
a significantly smaller proportion resources of these compounds’ presence in sewage sludge [10].
The production of sewage treatment plant (STP) sludge in Sweden is estimated at approximately
207,500 tons of dry matter, finalized at over 400 STPs. The sludge contains, besides carbon, about 3%
phosphorus and 3.5% nitrogen. This means that around 6000 tons of phosphorus and 7000 tons of
nitrogen can be recycled in Sweden and returned to the soil via sludge each year [11]. Sludge spread on
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farmland is the largest single use category, since it is the most economical outlet for sludge and offers
the opportunity to recycle plant nutrients and organic matter to soil for crop production. Agricultural
use is estimated at approximately 50,000 tons, which corresponds to 25% of the total Swedish net
production [12]. Sludge spreading in Sweden is regarded as an environmentally hazardous activity, but
is still not subject to authorization or reporting, though authorities may impose stricter requirements
in individual cases. From a European perspective the European Council Directive 86/278/EEC on the
protection of soil, regulates sewage sludge use in agriculture in the EU. In several EU countries Directive
86/278/EEC is complemented by national legislation on soil protection; however, such legislation
does not include regulation of pharmaceutical residues, even though there is increasing societal
awareness and debate on the fate of APIs during sludge management. The fact that the chemical load
in the form of pharmaceuticals and most other emerging contaminants (ECs), is unregulated both in
wastewater effluents and in produced sewage sludge at the STPs, may in part be due to the fact that
sludge chemically is a very complex matrix, which severely complicates the chemical analysis [13,14].
Nevertheless, sewage sludge is a sink for many of these substances [15] and given the spreading of
sludge on farmland makes it important to seek valid results on its content of APIs. Traditionally, a
variety of techniques have been used for extracting organic pollutants, including APIs, from sewage
sludge such as Soxhlet, ultrasound assisted extraction, microwave-assisted extraction, mechanical
shaking, supercritical fluid extraction and pressurized liquid extraction [16–20]. Since APIs hold a
variety of physicochemical properties it is difficult to find a single method capable of analysing such
a large number of differing chemical substances. Furthermore, emerging in recent years, there is a
growing environmental concern in chemistry reshaping this field towards “green chemistry” [21],
which is defined as the design of chemical products and processes that reduce or eliminate the use
or generation of hazardous substances [22]. One possible technique possessing properties with the
potential of meeting both these criteria is pressurized hot water extraction (PHWE) [23].

From a scientific perspective, experimental work on PHWE dates back to at least 1994 when
Hawthorne et al. [24], interested in finding environmentally friendly extraction methods, suggested
water as a clean solvent for the extraction of non-polar analytes from environmental samples. In their
pioneering work, performed on their in-house constructed equipment using stainless-steel columns,
they found an increase in solubility of non-polar organics such as polyaromatic hydrocarbons (PAHs)
in water with increasing temperature. The basic experimental set-up presented by Hawthorne and
co-workers [24] has previously been used by us for the extraction of APIs from sediment [9], using a
stainless-steel column Pressurized Hot Water Extraction system (PHWE method). This system and
methodology was applied in this work as a reference methodology using a temperature of 150 ◦C as it
has previously been shown that temperatures exceeding 100 ◦C has a very positive effect on extraction
efficiency for pharmaceuticals in solid matrices [25]. Yet, too high temperatures (>200 ◦C) may cause
thermal degradation of some compounds [26] and increased ion suppression as a consequence of severe
co-extraction of unwanted components. A temperature of 150 ◦C is in our experience a suitable balance
between good extraction efficiency combined with relatively moderate co-extraction of undesired
matrix components.

One of the world’s most common commercial pressurized hot water extraction apparatuses has
been in use since the early 20th century. After the Second World War and in the early 1960s this
extraction technique, the espresso machine, underwent technical improvement with the sole purpose
of delivering great coffee by the extraction of flavours from grinded coffee beans mounted in the
porta filter. Typically, modern espresso machines reach temperatures around 100 ◦C and operates at
pressures of 15–20 bars. Substantial research has been done to better understand what parameters
govern the extraction process of coffee with the aim of achieving a balanced coffee aroma [27–30],
but commercial espresso machines have also been used to determine different contaminants such as
polyaromatic hydrocarbons in soil [31], airborne pesticides in particulate matter trapped in filters [32]
and polychlorinated biphenyls in soil [33]. In this work, a commercially available espresso machine
was used for the extraction of APIs holding a variety of physicochemical properties from dewatered
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stabilized sewage sludge. The efficiency and reproducibility of the espresso machine extraction
(Espresso method) was evaluated and results were compared to results from our Pressurized Hot
Water Extraction (PHWE) as well as literature data obtained with traditional extraction techniques
and methods. Post-extraction analysis with UPLC-MS/MS were conducted in both acid and basic
chromatographic environments, as this previously has been shown to have an effect on the level of
matrix influence in the chromatographic run [34]. The key advantages of a successful espresso machine
extraction (Espresso method) would be very simple packing and maintenance procedures and a very
fast extraction process.

2. Materials and Methods

2.1. Chemicals and Reagents

Ultra-pure water (18.2 MΩ) was obtained from an OPTIMA water purification system (Elga Ltd.,
High Wycombe, Buckinghamshire, UK). Reference standards were purchased from Sigma-Aldrich
Sweden AB (Stockholm, Sweden). A list of compound details is found in Table S1, while chemical
formulas, structures and molar masses are easily available on the Internet at PubChem, Drugbank,
and ChemSpider. Acetonitrile (ACN) and methanol (MeOH), both OPTIMA grade, used for the
chromatographic mobile phase were purchased from Fisher Scientific (Gothenburg, Sweden). Formic
acid (FoA), ammonium hydroxide solution (25% sol.), ammonium hydrogen carbonate, disodium
ethylenediaminetetraacetate (Na2EDTA), ascorbic acid, and ammonium hydroxide and silicon carbide
were purchased from Sigma-Aldrich. Stabilised dewatered sewage sludge was obtained from
Kristianstad STP (Scania, Sweden) and lyophilized in-house.

2.2. PHWE

The in-house constructed PHWE system is schematically shown in Figure 1.

HPLC

Preheating
 coil

Cooling
 coil

GC-oven

Extraction
cell

Fan

Sample

Figure 1. Schematic picture of the in-house stainless-steel column pressurized hot water extraction
(PHWE) system.

The PHWE system consisted of a Waters Alliance 2690 HPLC system (Waters, Milford, MA,
USA). In all experiments, the HPLC pump supplied water at pH 7, via stainless-steel tubing (1/16 in.
o.d. and 0.040 in. i.d.), to the pressurized stainless-steel column (length 7.0 cm × i.d. 1.0 cm), in
which the extraction took place. The extraction cell was placed inside a Varian 3400 GC oven (Walnut
Creek, CA, USA) heated to 150 ◦C. A portion of 0.2 g lyophilized sludge was homogenized and mixed
with 8.0 g of silicon carbide. A regular coffee filter (Melitta® 102, Melitta Europa GmbH & Co. KG,
Minden, Germany) shaped into a cylinder covered the inside of the column and a circular shaped glass
microfiber filter (GF/C 47 mm, Whatman, GE Healthcare UK Limited, Buckinghamshire, UK) was
positioned at the outlet nut of the extraction column. The column was filled with the mixture of sludge
and silicon carbide. The mixture was spiked at the top with 30 μL of an internal standard mixture
containing 7 labelled standards (Table S1) and left to soak for 10 min. The content of the column was
then packed with a stomp and the coffee filter edges folded and the column closed with an inlet nut.
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The column was mounted inside the oven and connected to the stainless-steel tubing. The degasser
was activated and the HPLC pump flow set to 1 mL/min. When the eluate emerged at the collection
point the oven temperature was set to 150 ◦C and flow adjusted to 1.8 mL/min. A single run was
completed in 13 min and gave 23 mL of extract. Pressure was monitored to between 11 and 12 bars.
Additionally, the eluate was centrifuged at 5000 rpm for 10 min on an SIGMA 4-16KS Centrifuge
(SIGMA Laboratoriezentrifugen, Osterode am Harz, Germany). Then a SPE protocol followed, as
described below. The column was thereafter disconnected and the system was cleaned with a by-pass
procedure at 90 ◦C for 5 min with the flow 1 mL/min. The column was emptied and reinstalled in
the system and thereafter washed at 150 ◦C for 10 min at 2 mL/min. All experiments were conducted
in triplicate.

2.3. Espresso Machine Extraction (Espresso Method)

A Rancilio Miss Silvia E Espresso Machine (Rancilia Group S.p.A., Villastanza di Parabiago,
Italy) adopted for pods was used to conduct the espresso extractions. A portion of 0.2 g lyophilized
sludge was homogenized and mixed with 8.0 g of silicon carbide. The mixture was spiked with 30 μL
of internal standard mixture containing 7 labelled standards (Table S1) and left to soak for 10 min.
A regular coffee filter cut in half enclosed the mixture and served as an extraction pod. At the bottom
of the espresso porta filter a 30 mm 0.45 μm GF/C glass fibre filter was placed. The espresso machine
was started when the ready lamp was lit and a total of 60 mL eluate was collected in a beaker. Previous
Espresso extraction methods for environmental applications have used extraction volumes of 50 mL for
sample sizes up to 5.0 g [31,32]. Our chosen volume of 60 mL was at the high-end of this scale and was
also the maximum volume suitable for the SPE protocol, as described below. The cleaning procedure
recommended by the supplier (placing 0.5 g of Espresso detergent in a blind filter and flushing for 10 s
repeatedly) was performed 10 times in a row after each sample extraction was completed. The espresso
experiments were conducted in triplicate.

2.4. Solid-phase Extraction (SPE Method)

A SPE robot RapidTrace+ (Biotage, Uppsala, Sweden) was used for conditioning and eluting samples,
while a SPE manifold (Agilent, Santa Clara, CA, USA) was used for loading/extracting the samples.
Samples were concentrated by an automatic evaporator TurboVap LV (Biotage, Uppsala, Sweden) using
clean air produced by an Atlas Copco SF2 Oil-free air system (Atlas Copco Airpower n.v. B, Wilrijk,
Belgium), delivering certified 100% oil-free air, complying with ISO 8573-1 CLASS 0 certification. Both
the PHWE extracts and the Espresso extracts were concentrated and purified using 200 mg Oasis HLB
SPE cartridges (Waters). The HLB SPE cartridges were conditioned with 5 mL of MeOH followed by 5
mL of reagent water prior to extraction. HLB SPE cartridges were mounted in the sample manifold
together with a 70 mL plastic syringe container on top. Thereafter one volume of PHWE-or Espresso
extract was added, together with 50 μL FoA (10%) and 50 μL saturated EDTA solution. Samples were
then passed through the SPE cartridges at a rate of ca. 5 mL/min. Afterwards, the cartridges were
air-dried under a positive pressure for 15 min, a step which proved crucial for both recovery results
and evaporation time reproducibility, since drying the cartridges on the manifold was insufficient. SPE
cartridges were mounted in the Rapid Trace+ SPE robot and analytes were eluted with 6 mL MeOH
into disposable borosilicate glass tubes (PYREX®, 16 × 100 mm, Corning Incorporated, Corning, NY,
USA). The extracts were evaporated to complete dryness (22 min) at 40 ◦C. The dry extracts were
reconstituted to a total volume of 1 mL by adding 100 μL MeOH to the dry borosilicate glass tube,
followed by a rapid swirling (vortexing) for 15 s. Thereafter 885 μL water was added followed by 15 s of
rapid swirling, and transferred to a vial. Finally, 10 μL of instrumental standard solution (Thiacloprid-d4,
250 pg/μL, Table S1) was added along with 5 μL saturated EDTA solution. A volume of 1 μL of the
final sample was injected into the UPLC-ESI-MS/MS system. The same SPE procedure was used for
both extraction techniques.
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2.5. Analytical Separation and Detection (UPLC-MS/MS Method)

The liquid chromatographic system, the mass spectrometer and the analytical methodology
have all previously been described in detail [34,35]. In short, the UPLC-MS/MS system used was a
Waters Acquity UPLC H-Class connected to a Xevo TQ-STM triple quadrupole mass spectrometer
(Waters Micromass, Manchester, UK), equipped with a Z-spray electrospray interface. The UPLC
H-Class consisted of a Quaternary Solvent Manager (QSM), a Sample Manager with Flow-Through
Needle (SM-FTN) and a Column Manager (CM) enabling fast column switching between two different
columns, running at two different pH (Waters, Milford, MA). Two Acquity UPLC BEH C18 columns
(2.1 mm i.d. × 50mm, 1.8 mm) in parallel, maintained at 40 ◦C, were installed in the column manager.
Nitrogen was used as both drying gas and nebulizer gas delivered by an Infinity Nitrogen Generator
(Peak Scientific Instruments Ltd., Inchinnan, UK). For operation in MS/MS mode, the collision gas was
argon 99.995% (AGA Gas AB, Malmö, Sweden). Waters UNIFI software (Version 1.7) controlled the
UPLC-MS/MS system.

2.6. Calculations

2.6.1. Absolute Recoveries of Isotopic Labelled Compounds

We calculated the absolute recovery expressed as a percentage of the recovery of each isotopic
labelled standard. The absolute recovery was then calculated according to Equation (1):

Absolute Recovery = 100·(An)/(Al) (1)

An = the area of the daughter m/z for the labelled compound in spiked sample from either the PHWE
extracts or the Espresso extracts. Al = the area of the daughter m/z for the labelled compound in
standard solution.

2.6.2. Quantification of APIs in Sludge

The approach presented in this paper to quantify APIs in sludge is based on the comprehensive
analytical methodology described by the United States Environmental Protection Agency; EPA
Method1694 (U.S. Environmental Protection Agency 2007). Isotope dilution for calibration of each
native compound was used when a labelled analogue was available, and calibration by internal standard
was used to determine the concentration of the native compounds when no labelled compound was
available. The two approaches have common mathematical operations. For the compounds determined
by isotope dilution, the relative response (RR) (labelled to native) vs. concentration in the calibration
solutions was computed over the calibration range according to Equation (2):

RR = (AnCl)/(AlCn) (2)

An = the area of the daughter m/z for the native compound. Al = the area of the daughter m/z for
the labelled compound. Cl = the amount of the labelled compound in the calibration standard (pg).
Cn = the amount of the native compound in the calibration standard (pg).

Response factors (RF) were calculated in a similar way; replacing Al with Ais (area of the daughter
m/z for the internal standard), Cl with Cis (amount of the internal standard, pg) and Al with Ais (area of
the daughter m/z for the internal standard).

The concentration of a native compound was calculated according to Equation (3):

Cn = (AnCl)/(AlRR) (3)

The calculated API concentration, Cn, was then used to express the content of an API in sludge as
μg/kg dry weight sludge.
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2.6.3. Statistical Analysis

The standard deviation was calculated for both the recovery of the 7 isotope labelled compounds
in the internal standard mixture and the recovery for all 23 compounds investigated. ANOVA at a 95%
confidence level were used to evaluate and compare the extraction efficiency of the Espresso method vs.
the PHWE method.

3. Results and Discussion

3.1. Absolute Recoveries of Spiked Isotope Labelled Compounds and Ion Suppression

The eight isotope labelled compounds used in this study include positive, negative and neutral
APIs, Table 1. Seven of these were spiked at the top of the extraction cell (internal standard mixture,
Table S1), containing the sewage sludge, and underwent the entire extraction process, while the internal
standard thiacloprid-D4 was spiked just prior to the analysis. By calculating the absolute recovery
of the 7 labelled compounds the extraction efficiency of the Espresso method compared to PHWE
method could be revealed. The obtained extraction efficiency results also contain a component of ion
suppression, which might depend on the applied extraction methodology. To get basic information
about possible differences in the magnitude of ion suppression caused by the two individual extraction
methods the results for thiacloprid-D4 was used.

Table 1. Absolute recovery and relative standard deviation (RSD %, n = 3) for the instrumental standard
thiacloprid-d4 spiked just prior to the analysis and seven labelled standards spiked at the top of the two
types of extraction cells, Espresso and PHWE, containing the sewage sludge. Absolute recovery was
calculated using Equation (1). Four of the compounds were analysed at both basic and acid conditions
and are marked in italic.

Compound UPLC Condition Espresso (n = 3) (%) RSD (%) PHWE (n = 3) (%) RSD (%)

Thiacloprid-d4a Basic 70 17 34 17
Carbamazepine-D10 Basic 44 18 28 4

Diclofenac-13C6 Basic 30 18 14 24
Sulfamethoxazole-13C6 Basic 53 7 26 19

Atenolol-d7 Basic 56 5 45 10
Methiocarb-d3 Basic 20 12 17 5
Metoprolol-d7 Basic 36 15 34 9

Estrone-d4 Basic 21 29 17 2

Average recovery 7 compounds Basic 37 24

Thiacloprid-d4a Acid 37 22 14 18
Carbamazepine-d10 Acid 19 31 10 7

Diclofenac-13C6 Acid 20 11 14 12
Sulfamethoxazole-13C6 Acid 34 18 20 13

Average recovery 3 compounds Acid 24 16

The absolute recoveries obtained for all 8 compounds are shown in Table 1. It should be noted
that four of these compounds were analysed in both the acid and the basic chromatographic UPLC method,
giving information on possible differences in reduction of ion suppression by better separation of
compounds from co-eluting matrix components during the two different UPLC runs. To provide
additional knowledge of differences in terms of ion suppression, TIC spectra for both chromatographic
methods and both extraction methods were also collected as shown in Figure 2.

Starting with the standard, thiacloprid-D4, added post extraction, it was shown that the absolute
recovery for this compound was 70% in the Espresso method and 34% in the PHWE method with
basic chromatographic conditions. This difference can be explained by a heavier matrix suppression
expressed in the PHWE method, which is further supported by the higher TIC numbers for PHWE
compared to Espresso, Figure 2a,b. Interestingly, there are also differences in absolute recovery
comparing the thiacloprid-D4 results from the basic and acid chromatographic method separately.
Recovery results dropped from the above-mentioned 70% in the basic method to 37% in the acid
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method, for samples run in the Espresso method. In the acid method, the recovery dropped from 34 to
14%. One plausible explanation is less ion suppression in the basic method. TIC spectra, generated
by the PHWE method and the Espresso method, in the acid method is higher throughout the whole
spectrum, reaching a maximum at 1.70 min and 1.6 × 1011 counts, compared to the basic method where
the maximum is 1.2 × 1011 counts at 1.75 min, Figure 2a,b.

 

 
Figure 2. TIC spectra obtained using Waters RADARTM function of full scan (MS). Panel (a) shows
TICs obtained for a blank sample as well as sewage sludge extracts applying the Espresso method and
the PHWE method at acid chromatographic conditions. Panel (b) shows TICs for the same samples
types but analyzed at basic chromatographic conditions.

From Figure 2a,b it is clear that the PHWE method extracts more sample components. Both above
mentioned techniques rely upon the same shift in chemical and physical properties that water undergoes
as the temperature is elevated. An increase in water temperature changes the relative permittivity
from nearly ε = 80 at room temperature to ε = 27 at 250 ◦C. The organic solvents methanol and
ethanol has a permittivity of ε = 33 and ε = 24 at 25 ◦C [36]. A declining degree of hydrogen bonding
and decreased polarizablity can then also be observed. Thus, by increasing the water temperature
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the normal behaviour of water as a solvent will shift from polar to less-polar. Kondo and Yang
compared the retention properties of superheated water and organic–water eluents and came to the
conclusion that approximately 3.5 ◦C rise in water temperature was equivalent to 1% MeOH increase in
MeOH–water mixtures [37]. This may be one reason for the higher co-extraction of matrix components
using PHWE, since a 50 ◦C higher water temperature in PHWE would be equivalent to a 14% increase
in MeOH content.

Turning to the three isotope labelled standards carbamazepine-D10, diclofenac-13C6 and
sulfamethoxazole-13C6, which all were run in both the acid and the basic chromatographic methods,
the effects of both the chromatographic conditions and the applied extraction method became even
further accentuated, as seen in Table 1 and Figure 3a.

Figure 3. Absolute recovery for eight labelled standards spiked at the top of the extraction cell,
containing the sewage sludge, and the instrumental standard thiacloprid-d4 spiked just prior to the
analysis. The absolute recovery was calculated using Equation (1). Four analytes were analysed using
two different chromatographic methods at acid and basic conditions (a), while four of the compounds
could only be analysed at basic conditions (b).

Mean absolute recovery results for these labelled compounds in the basic method was 37% for
the Espresso method and 24% for the PHWE method, while corresponding figures using the acid
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method were 24% and 16%, respectively. A first interpretation of the calculated mean values points in
the direction of greater extraction efficiency using the Espresso method, but as discussed above, the
results also reminds us of heavier ion suppression in the PHWE method. Göbel et al. [17] came to the
conclusion that a temperature of 100 ◦C was optimal when optimizing pressurized liquid extraction
(PLE) for the determination of sulfonamide, and macrolide antimicrobials and trimethoprim in sewage
sludge. Increasing the temperature above 100 ◦C led to decreased recoveries. For sulfamethoxazole,
they noticed a reduction by 95%, and for the macrolides the reduction was 60–90%. They concluded
that this was due to thermal degradation of the analytes; however they also noted increasingly darker
extracts at higher extraction temperatures, indicating a larger extraction of soluble organic matter.
This notion of lower recoveries might not necessarily be a consequence of thermal degradation as we
have shown in a temperature stability study [26], but rather a result of ion suppression, and which
may partly be avoided as shown here by basic chromatography methods.

A second conclusion from Figure 3a would be that running the analysis under acid conditions
always give lower absolute recoveries independent of compound and extraction method. This further
strengthens the above statement made for thiacloprid-D4 that there may be less ion suppression in
basic methods as is evident from TIC numbers shown in Figure 2. These results for isotope labelled
standards clearly show the impact a chromatographic method might have when developing analytical
methods for samples that express heavy ion suppression in mass spectrometry. Yet, a literature survey
of methodologies published in high-impact analytical chemistry journals between 2006 and 2016
revealed that a vast majority of the identified methods rely on acidic mobile phases as discussed in a
previous paper and thesis from our research group [35].

Among the four remaining isotope labelled compounds, atenolol-D7, methiocarb-D3, metoprolol-D7
and estrone-D4, there was a tendency that the PHWE method gave lower absolute recoveries as shown
in Figure 3b, but not as pronounced as for the other compounds (Figure 3a). Atenolol-D7 showed the
highest absolute recovery for both extraction methods, but also the largest difference between the two
methods, with the Espresso method being most successful (56% recovery). Estrone-D4, methiocarb-D3
and metoprolol-D7 showed minor difference in recovery for the two methods.

3.2. Pharmaceuticals Extracted from Sludge

In a previous work dealing with surface water containing matrix components, we have determined
which isotopic labelled standard that best compensates for losses caused by ion suppression and sample
preparation losses for a specific API [34,35]. The pairing of labelled standard and API can be found in
Table S2. The quantification in μg/kg sludge dry matter of a single API in the different sludge samples
was calculated as described in Section 2.6.2. In total, 23 APIs were analysed. They have a molecular
range from 236 to 734 D and contain 1-3 aromatic rings. A negative charge might be expressed
from oxygenated substituents (e.g., diclofenac) and/or positive charge from nitrogen substituents
(e.g., metoprolol). The results from the chemical analysis are presented in Table 2 together with various
physicochemical parameters. Additionally, wastewater influent and effluent samples were collected at
Kristianstad STP and the concentrations of all APIs were analysed and included in Table 2. Finally,
results from a previous National Swedish Screening of API contents in sludge from the three Swedish
cities Skövde, Stockholm and Umeå [38] are given for comparison at the end of Table 2 as are values
from scientific articles on sludge published the last decade.

All 23 investigated compounds, except sulfamethoxazole, could be detected and quantified
in sludge—with both extraction methods. In total, the content of APIs was 1042 μg/kg using the
Espresso method and 5027 μg/kg using the PHWE method, i.e., nearly 5 times higher drug levels were
estimated using PHWE. Average standard deviations were 22% for the Espresso method and 17%
for the PHWE method. An ANOVA comparison of the two methods showed a significant difference
(Fcritical = 7.7) for 15 of the 23 investigated compounds and is marked in bold text in Table 2. One of the
compounds, fluconazole, showed higher concentration with the Espresso method, while the remaining
14 compounds all were higher in the PHWE method. These differences can be explained, despite
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higher ion suppression as discussed earlier, by a more efficient extraction process using PHWE as
it operates at a much higher temperature compared to Espresso. Nieto et al. 2010 [39] describes
this in a clear way writing that: “Higher temperatures decrease the viscosity of liquid solvents, thus
allowing better penetration of the matrix particles and enhancing extraction. In addition to reducing
viscosity, high temperatures also decrease the surface tension of the solvent, the solutes and the matrix,
allowing the solvent to “wet” the sample matrix more thoroughly”. It has also been concluded that the
time of operation have a strong influence on extraction efficiency, as stated by Nieto et al.: “The long
exposure to the solvent allows the matrix to swell, thus improving penetration of solvent into the
sample interstices and contact between solvent and analyte” [39]. In our study, the PHWE method
operates under a longer time period, 13 min, as compared to the Espresso method extracting only for
10 s. As a consequence, more API molecules are likely liberated from the sewage sludge.

Turning to individual compounds, five compounds stands out; ciprofloxacin, citalopram,
ketoconazole, metoprolol and venlafaxine, which all were detected in concentrations higher than
180 μg/kg using the PHWE method, all other APIs being below 70 μg/kg (Table 2, Figure 4). We would
here like to make the reader aware of the logarithmic scale applied in Figure 4 due to the concentration
range of APIs spanning three orders of magnitude

+

+
+ + +

+ n
n n n -

n n + n + + - +
+

3

2

1 1
1

2
2

1 2 2
2

2 1 1 1 1 0 2 0
0

Figure 4. Concentrations in μg/kg of 23 APIs in lyophilized sewage sludge from Kristianstad STP
determined using the Espresso method (light blue) and the PHWE method (dark blue). The APIs are
listed in descending order of concentration (PHWE method) together with the charge and the number of
aromatic ring structures of the compound in question.

The concentration found of ketokonazole in sludge using the PHWE method was 3009 μg/kg,
which was 15 times higher as compared to the results from the Espresso method. Corresponding relative
comparison between the methods for ciprofloxacin, citalopram, metoprolol and venlafaxine showed
5.1, 4.1, 1.5 and 1.2 times higher for the four compounds, respectively. In a previous investigation
we showed that the matrix content of organic matter measured as total organic carbon content in
sediments and sludge dictated drug sorption together with the presence of charged sites [40]. All of
these top five compounds carry a positive charge at pH 7 (Table 2), and one of the explanations to these
large amounts is probably the electrostatic interaction by the compounds positively charged groups
and the negatively charged surfaces of the sludge matrix. Another part of the explanation is likely due
to the existence of plural aromatic structures. Ketoconazole, which is by far the most abundant API
found in the investigated sewage sludge samples contains three aromatic rings, citalopram, the second
most abundant API contains two aromatic rings.
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From Table 2 it can be seen that of the 23 compounds analysed, 20 showed a concentration in
sludge exceeding 1 μg/kg sludge. These are all shown visually in descending order of concentration
in Figure 4, and reveals that 18 of these compounds are all in favour of the PHWE method. Figure 4
also shows the clear pattern of positively charged molecules being at the highest concentrations
range in the sludge as discussed above, followed by neutrals, and some additional positively and
negatively charged compounds. The reason for finding some of the positively charged compounds on
the far-right side could likely be attributed to two circumstances. The most obvious is that some of
these compounds simply do not occur at high enough concentrations in the incoming water to reach
high concentrations in the sludge despite a high degree of affinity to this negatively charged matrix.
This is further discussed in the next section presenting APIs in the incoming wastewater. The other
option is, as already touched upon, is that there are other chemical interactions at play. One of these
is the aromatic ring structure. As mentioned, the two top compounds, ketoconazole and citalopram,
have three and two aromatic rings. To reveal any possible relation to aromaticity, Figure 4 also presents
the number of aromatic rings present on each of the 20 APIs. From this it becomes evident that those
neutral compounds that reach fairly high concentrations in most cases have 2 aromatic rings, the one
exception being paracetamol. Yet, finding paracetamol at such high concentrations in sludge might
not come as too much of a surprise considering the large amounts of this compound being sold over
the counter in Sweden, and being found in enormous concentrations in incoming water (see below).
Additionally, on the very far right end there are 4 positively charged APIs. Three of these have no
aromatic ring structure at all. In conclusion, there are strong indications that both the number of
aromatic rings and the presence of a positive charge are important for the sorption processes of APIs to
sewage sludge.

3.3. Comparison of Extraction Results with Effluent and Influent Data

In Table 2 we have included wastewater influent and effluent analysis results for the investigated
APIs from Kristianstad STP, performed by us according to our previously published methodology [34,35].
The first observation was that all 23 APIs were present in the influent water. Likewise, all investigated
APIs except sulfamethoxazole were present in the sewage sludge samples. In the effluent samples,
all APIs except ketoconazole and paracetamol could be detected. Based on results from Figure 4 and
Table 2 it is likely that the efficient reduction of ketoconazole in the STP primarily is caused by sludge
adsorption. Paracetamol on the other hand show much lower sludge concentrations, and the huge
loss of paracetamol, with the highest influent values, must be explained by either abiotic or biotic
degradation/transformation, or a combination thereof.

Evidently the sludge concentrations measured in PHWE and presented together with two
physicochemical properties in Figure 4, and inlet and outlet concentrations cannot fully explain the
observed pattern. Yet, a few more chemical remarks can be made in favour of using charge and
aromaticity as valuable additional tools in describing sludge sorption apart from primarily looking at
more well-established classical parameters such as log Kow and log D.

For example, in Table 2 high log Kow and log D values can be found for ketoconazole, but not for
ciprofloxacin and citalopram. Here charge may aid in better explaining the high concentration of the
two latter on sludge. Metoprolol and carbamazepine have approximately the same influent and effluent
concentrations, yet metoprolol is 3.5 times more abundant in sludge compared to carbamazepine,
despite that log Kow and log D is higher for carbamazepine than metoprolol. This again shows that
the positive charge might have a strong impact on sorption. These results show that neither log Kow
nor log D alone are valid tools too fully describing APIs adsorption to sludge.

3.4. Comparison of Extraction Results with Literature Data

In Table 2 we have also included analysis results from the Swedish National Screening Programme
2010 [38] together with a selection of literature data describing concentrations of APIs in digested
sludge. The top five compounds in the Swedish National Screening Programme were ketoconazole,
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citalopram, ciprofloxacin, metoprolol, and venlafaxine, the same top five compounds that we found
in our extracted sludge. With a few exceptions, the absolute values are roughly the same, only the
antibiotic compound erythromycin showed a lower concentration in our study compared to the
National Screening Programme, representing the only truly deviating value.

In the Swedish report, we couldn’t find what extraction technique and method used. If not as
exhaustive as our PHWE method this may be one reason for not achieving such high sum concentrations
of all investigated compounds. In fact, the two compounds contributing most to the difference is
ketoconazole and citalopram, both adsorbing strongly to the sludge. In our work ketoconazole had a
concentration of 3009 μg/kg, while the other three sludges (Skövde, Stockholm and Umeå) were in the
range 510–1200 μg/kg. Likewise, citalopram had a concentration in our study of 958 μg/kg in our study
but was in the range 570–760 μg/kg in the Swedish report.

4. Conclusions

Two green chemistry extraction systems based on either an in-house stainless-steel column
pressurized hot water extraction system (PHWE method) or a commercially available Espresso machine
(Espresso method) were applied for analysing 23 APIs in sewage sludge. Both methods showed god
repeatability. The PHWE method allowed a more complete extraction of APIs that were more tightly
bound to the matrix, as exemplified by the results from ketoconazole, citalopram and ciprofloxacin.
In fact, 19 out of 23 investigated APIs were quantified in sludge, and with few exceptions they showed
higher concentrations using the PHWE method. The Espresso method might still be useful if strong
electrostatic forces aren’t to be overcome as it gives cleaner extracts (lower ion suppression) and is much
faster to operate compared to the PHWE method, allowing higher sample throughput. An Espresso
extraction takes 10 s, while the PHWE extraction takes several minutes. The results produced with
the PHWE method are in line with results reported from a Swedish National screening program
and international literature data. A weakness with both methods, which was more pronounced for
the PHWE method, were the low absolute recoveries, which most likely were caused by matrix ion
suppression. Further investigations will focus on reducing these effects by investigating fractionating
of the extracts and the possibility of matrix precipitation using various techniques. Additionally,
UPLC-MS/MS, applying basic conditions, is surprisingly unexplored in environmental analysis, despite
its positive effects in reducing ion suppression, and should be further investigated.

Supplementary Materials: The following are available online at http://www.mdpi.com/2076-3417/9/7/1509/s1,
Table S1: Compounds analysed, Table S2: Labelled standard used for each API.
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Abstract: Much of the current understanding of pharmaceutical pollution in the aquatic environment
is based on research conducted in Europe, North America and other select high-income nations.
One reason for this geographic disparity of data globally is the high cost and analytical intensity of
the research, limiting accessibility to necessary equipment. To reduce the impact of such disparities,
we present a novel method to support large-scale monitoring campaigns of pharmaceuticals at
different geographical scales. The approach employs the use of a miniaturised sampling and
shipping approach with a high throughput and fully validated direct-injection High-Performance
Liquid Chromatography-Tandem Mass Spectrometry method for the quantification of 61 active
pharmaceutical ingredients (APIs) and their metabolites in tap, surface, wastewater treatment plant
(WWTP) influent and WWTP effluent water collected globally. A 7-day simulated shipping and
sample stability assessment was undertaken demonstrating no significant degradation over the
1–3 days which is typical for global express shipping. Linearity (r2) was consistently ≥0.93 (median =
0.99 ± 0.02), relative standard deviation of intra- and inter-day repeatability and precision was <20%
for 75% and 68% of the determinations made at three concentrations, respectively, and recovery from
Liquid Chromatography Mass Spectrometry grade water, tap water, surface water and WWTP effluent
were within an acceptable range of 60–130% for 87%, 76%, 77% and 63% of determination made
at three concentrations respectively. Limits of detection and quantification were determined in all
validated matrices and were consistently in the ng/L level needed for environmentally relevant API
research. Independent validation of method results was obtained via an interlaboratory comparison
of three surface-water samples and one WWTP effluent sample collected in North Liberty, Iowa
(USA). Samples used for the interlaboratory validation were analysed at the University of York Centre
of Excellence in Mass Spectrometry (York, UK) and the U.S. Geological Survey National Water Quality
Laboratory in Denver (Colorado, USA). These results document the robustness of using this method
on a global scale. Such application of this method would essentially eliminate the interlaboratory
analytical variability typical of such large-scale datasets where multiple methods were used.

Keywords: pharmaceuticals; organic pollutants; liquid chromatography tandem mass spectrometry;
validation; global monitoring

1. Introduction

Over the last 20 years, active pharmaceutical ingredients (APIs) and their metabolites have been
identified in all environmental compartments and their occurrence has raised concerns over potential
impacts on ecosystem and human health [1–3]. However, despite two decades of research, significant
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knowledge gaps exist regarding the environmental exposures to APIs [1,4]. For example, a complete
or significant lack of knowledge exists for many parts of the world (e.g., Africa and South America) as
such research disproportionally targets wealthy regions including North America, Western Europe
and China [4,5]. In many poorly studied parts of the world, APIs are openly available without a
prescription and prone to miss-/over-use so concentrations might be expected to be greater than
those reported so far [6]. Similarly, API disposal practices and inefficient wastewater connectivity and
treatment may further exacerbate high API concentrations in some regions [1,6]. Underpinning such
research are the complex analytical methods employed for specific quantification of APIs in water,
namely High-Performance Liquid Chromatography-Tandem Mass Spectrometry (HPLC-MS/MS).
Such instrumentation is required for obtaining environmentally relevant sensitivity in measurements
of APIs, down to ng/L levels.

The high cost of necessary instruments and analytical intensity of the methods employed are
key barriers to broadening measurement of APIs in the environment to a global scale. Furthermore,
such barriers may magnify existing regional disproportionalities in published data. Of the available
published data, among the most significant challenges for compiling an international perspective
on APIs in the aquatic environment is the cross-comparison between datasets obtained via different
methodologies. Key areas of deviation between methodologies include sample collection protocols
(e.g., collection from the river bank vs. centroid flow), analytical techniques and statistical/quantitative
interpretations and use of quality-control samples throughout collection and analysis. No single,
unified analytical method exists, and in-house method validations are not always required for
publication, making accurate and reliable interpretations of existing data on concentrations of APIs in
different regions of the globe challenging.

Recent advances in the sensitivity of analytical instrumentation provides the ability to now analyse
a wide range of APIs with minimal sample pre-treatment (e.g., Furlong et al. [7]; Campos-Mañas et
al. [8]. Direct-injection HPLC-MS/MS is characterised by large-volume sample injections (100–5000 μL)
which eliminate the need for sample pre-concentration [9], traditionally achieved using solid phase
extraction (SPE). This technique has been successfully used since the 1980s [9] and more recently
employed for quantification of pharmaceuticals, illicit drugs and other organic contaminants in
surface and wastewater [7,8,10]. Such methods significantly reduce the volume of sample needed
(simplifying both sample collection and shipment to the laboratory) and the time for sample analysis
via elimination of complex pre-treatment. Additionally, such methods offer a more environmentally
responsible alternative to traditional methods (e.g., SPE) due to reduced sample volume and
elimination of any need for solvents in sample pre-treatment. Direct-injection protocols also provide
an opportunity to perform much larger-scale monitoring programmes than previously possible (e.g.,
due to financial and time constraints), allowing a better understanding of environmental exposures
to pharmaceutical compounds (APIs and corresponding API metabolites) to aquatic systems around
the globe. Conducting such large-scale global monitoring programmes will likely raise logistical
challenges in terms of sample transport from the site of collection to the site of analysis. For these
studies to succeed, therefore, it is important that sample integrity is maintained during such transport.

Here we present and evaluate a monitoring approach for use in large-scale monitoring
programmes for APIs in multiple environmental matrices (e.g., WWTP influents, effluents, surface
water and drinking water). The approach presents a simple and standardized set of protocols for the
consistent collection, shipment, and analysis of aqueous samples using a uniform collection kit and a
single HPLC-MS/MS analytical method. An interlaboratory evaluation of the protocol was conducted
with surface water (i.e., river water) and WWTP effluent collected by the U.S. Geological Survey
(USGS) from an effluent-impacted stream (Muddy Creek, North Liberty, Iowa, USA). This protocol
may significantly reduce the challenges of: (a) evaluating spatial and temporal API concentration
trends across variations in geography, climate, land use, hydrogeology, and demographics, (b) the
lack of accessibility to costly analytical equipment and operating costs necessary for accurate and
sensitive API quantification (namely HPLC-MS/MS) in some regions of the world, and (c) obtaining
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water samples from under-studied regions of the world for accurate, sensitive, reliable sample analysis.
The development of this protocol therefore provides an opportunity to begin to better understand the
risks of pharmaceuticals and other compounds at the global scale, a research priority highlighted in
recent horizon scanning exercises on pharmaceuticals and chemicals more generally [5,11].

2. Materials and Methods

2.1. Test Substances

The protocol was developed for quantifying concentrations of 61 strategically selected APIs
(Table 1) representing 19 therapeutic classes of medicinal chemicals approved for use in humans (n = 57)
and animal husbandry (n = 4). The study APIs were selected to include: (a) compounds of high usage
across the world; (b) compounds with known or suspected ecological or human health concern; and (c)
compounds of expected high use due to regional disease pressures (e.g., antimalarials). Significant
focus was placed on antimicrobial chemicals including antibiotics (n = 13) and antifungals (n = 6) due to
implications for the selection of resistance to these medicines in bacterial communities [12,13]. Similarly,
focus was also placed on antidepressants (n = 7) due to their increasing use globally and potential
ecotoxicological risk [14]. All compounds were optimised for specific quantification using direct
injection HPLC-MS/MS only and compounds not suitable for quantification using this instrumentation
were not included in the study. Further method development may be used to broaden the scope of the
studied contaminants (e.g., Campos-Mañas et al. [8]).

All test standards were purchased from Sigma Aldrich (UK) and were of ≥95% purity. Deuterated
internal standards were obtained from Sigma Aldrich (UK) for 32 test APIs and atrazine-D5 was used
where a labelled standard was not available. Liquid chromatography-mass spectrometry (LCMS)-grade
water and methanol were obtained from VWR (UK). Polystyrene boxes (5 L, 34.5 × 21 × 14.5 cm,
L × W × H) used for sample shipment were obtained from JB Packaging (Torpoint, UK), whereas
15-mL amber glass sample vials, 0.7-μm glass microfiber syringe filters (Whatman) and 24-mL luer
lock syringes were obtained from Fisher Scientific (UK). A ZORBAX Eclipse Plus C18 chromatography
column (3.0 × 100 mm, 1.8 μm, 600 bar) was purchased from Agilent Technologies (UK) and a C18
SecurityGuard guard column was purchased from Phenomenex (UK).

Table 1. List of monitored chemicals by therapeutic class and their associated internal standard.

Therapeutic Class Compound Associated Internal Standard

Analgesic
Lidocaine Lidocaine D6
Naproxen Naproxen D3

Paracetamol Paracetamol D4

Anti-epileptic
Carbamazepine Carbamazepine D10

Gabapentin Gabapentin D10
Pregabalin Atrazine D5

Antibiotics

Fluoroquinolones Ciprofloxacin Ciprofloxacin D8
Enrofloxacin * Atrazine D5

Lincosamide Lincomyacin * Atrazine D5
Macrolides Clarithromycin Atrazine D5

Erythromycin Atrazine D5
Tylosin * Atrazine D5

Nitroimidazole Metronidazole Metronidazole D3
Penicillin Cloxacillin Atrazine D5

Sulfonamides Sulfadiazine * Atrazine D5
Sulfamethoxazole Sulfamethoxazole D4

Trimethoprim Trimethoprim D9
Tetracyclines Oxytetracycline Atrazine D5

Tetracycline Atrazine D5
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Table 1. Cont.

Therapeutic Class Compound Associated Internal Standard

Antidepressant

Amitriptyline Amitriptyline D3
Citalopram Citalopram D6

Desvenlafaxine Desvenlafaxine D6
Fluoxetine Atrazine D5
Sertraline Sertraline D3

Venlafaxine Venlafaxine D6
Norfluoxetine Norfluoxetine D6

Antifungal

Clotrimazole Atrazine D5
Fluconazole Atrazine D5
Itraconazole Itraconazole D4

Ketoconazole Atrazine D5
Miconazole Atrazine D5

Thiabendazole Atrazine D5

Antihistamine

Cetirizine Atrazine D6
Diphenhydramine Diphenhydramine D3

Fexofenadine Atrazine D5
Ketotifen Atrazine D5

Loratadine Atrazine D5

Antihyperglycemic Metformin Metformin D6
Sitagliptin Sitagliptin D4

Antimalarial Artemisinin Atrazine D5

Antiviral/-retroviral
Nevirapine Atrazine D5
Oseltamivir Atrazine D5

Benzodiazepine
Diazepam Diazepam D5
Oxazepam Oxazepam D5

Temazepam Temazepam D5

Beta-blocker
Atenolol Atenolol D7

Propranolol Propranolol D7

Calcium channel blocker
Diltiazem Diltiazem D3
Verapamil Verapamil D7

Diuretic Triamterene Triamterene D5

Histamine H2 receptor antagonist Cimetidine Atrazine D5
Ranitidine Atrazine D5

Opioid pain medication
Codeine Codeine D6

Hydrocodone Hydrocodone D3
Tramadol Atrazine D5

Oral contraceptive Noreistherone Atrazine D5

Selective estrogen receptor modulator Raloxifene Ralixifene D4

Stimulant
Caffeine Atrazine D5
Cotinine Cotinine D3
Nicotine Atrazine D5

β2 adrenergic receptor agonist (anti-asthma) Salbutamol Salbutamol D9

* Used in animal husbandry.

2.2. Sampling Kits and Water Collection Protocol

The sampling kits were designed to simplify logistics so that a large number of locations could
be sampled with a minimum of effort. As the sample injection volume for the developed method
was only 100 μL, the standard collection volume was set at 10 mL of sample water. Samples were
collected in duplicate to provide a backup sample in case of breakage of the primary sample container
during shipment. Each sampling kit therefore contained: 20 amber glass vials (15 mL) (for collection of
10 samples in duplicate), two ice packs, 10 polypropylene syringes (24 mL), 10 glass microfiber filters
(0.7-μm pore size), a 500-mL stainless-steel bucket with 10-m long nylon cord attached, material to
collect a field blank quality-control (QC) sample with LCMS-grade water, a standardised collection
log and sample labels. Kits weighed 2.25 kg and were able to fit into a 34.5 × 21 × 14.5 cm box
(approximately the size of a shoe box).

The sample collection protocol, including storage and shipping procedures, was included with the
sampling kit and instructional videos were also provided online (<https://youtu.be/HeZ7xoxJXhM>
and <https://youtu.be/PLyCNcVCKdc>). At each location, the bucket (included with each kit) was
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rinsed three times with native sample water prior to collection. Following sample collection, 20 mL of
sample water was aspirated into the syringe, and the syringe filter was then attached and primed with
5 mL of sample water. Then, 5 mL of filtrate was used to rinse out a 15-mL vial prior to dispensing the
remaining 10 mL of filtrate into the glass vial. This procedure was repeated once more with the same
bucket of water to create the second replicate. At this point, pH, temperature or other probes may be
inserted into the water remaining in the bucket to obtain additional environmental data. All vials were
labelled with their location, sample date/time, and replicate number and immediately placed on ice
upon collection. Prior to shipment, samples were frozen until being shipped on ice to the University
of York (York, UK) Centre of Excellence in Mass Spectrometry (CoEMS) using DHL global express
delivery (1–2 days). Freezing the samples prior to express shipping to CoEMS ensured the samples
maintained their integrity (i.e., did not become warm during shipment) prior to analysis.

2.3. HPLC-MS/MS Protocol

The analytical method was adapted from a previously developed method for pharmaceuticals
compounds [7]. Analysis occurred by direct-injection (100-μL injection volume) HPLC-MS/MS in
multiple reaction monitoring (MRM) mode with positive electrospray ionisation. A Thermo Scientific
Endura TSQ triple quadrupole mass spectrometer coupled with a Thermo Scientific Dionex UltiMate
3000 HPLC was used for all analyses. Two transition ions were optimised (for collision energy and
retention time) in-house, one for quantitation (T1) and another for confirmation (T2) of precursor
identity (Table S1). The instrument-calibrated fragmentor voltage was used for all analysis. Mobile
phase A was LCMS-grade water with 0.01 M formic acid and 0.01 M ammonium formate while mobile
phase B was 100% methanol. The flow rate was 0.45 mL/min. Flow was diverted away from the
spectrometer for the first 1 min of the analytical run to avoid poorly retained materials (e.g., slats) from
reaching the nebuliser. The HPLC gradient started at 10% B which increased to 40% at 5 min, 60% at
10 min, and 100% at 15 min, where it remained until 23 min then reduced to 10% at 23.1 min prior to a
10-min re-equilibration time between runs. Autosampler temperature was maintained at 6 ◦C while
the column temperature was maintained at 40 ◦C. The collision gas was argon and was set at a pressure
of 2 mTorr. Quantification occurred using a 15-point calibration prepared for 33 deuterated internal
standards (Table 1, Table S1) ranging from 1 to 8000 ng/L (Table S2). All calibrants were made using a
standard method as described by Furlong et al. [7] in such a way as to maintain an equal proportion of
methanol in the final calibrants (Table S2). Atrazine-D5 was used where a labelled standard was not
available for a specific target chemical, as established by Furlong et al. [7].

2.4. Quality Control

Extensive quality-control measures were used in-house and in the field to ensure that the
laboratory and field protocols were not causing false positives or negatives in the corresponding
environmental results. Materials needed to conduct one field blank were included in each sample
kit which included 25 mL of LCMS-grade water, a syringe filter, syringe and two 15-mL glass vials.
The procedure for collection, storage and shipment of this QC sample was exactly the same as for
environmental samples, except using LCMS-grade water. This step enables an evaluation of sample
contamination derived from collection in the field.

In addition to field QC measures, a blank as well as method and instrumental QCs were injected
after every 10 injections during analytical runs. The laboratory blanks were pure LCMS-grade water
with all internal standards spiked to a concentration of 400 ng/L. Both method and instrumental
QCs consisted of all target APIs spiked in LCMS-grade water at a concentration of 80 ng/L with all
QCs at 400 ng/L. However, the method QC underwent the same sample storage and preparation
measures as actual samples and the instrumental QC was spiked directly into a HPLC vial prior to
analysis. Before each use, the nebuliser and spray guard of the mass spectrometer were cleaned with
methanol. Additionally, prior to an analytical run, the chromatography column was equilibrated with
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20 injections of a composite environmental sample (made from equal aliquots of the samples being
analysed in respective runs) in order to condition the chromatography column prior to analysis.

2.5. Method Validation

The method was validated based on USGS method No. O-2440-14 (National Water Quality
Laboratory [NWQL] laboratory schedule 2440) for filtered water [7], which will be referred to as
USGS method No. 5-B10 in this paper. Briefly, intra-/inter-day repeatability was determined at three
concentrations (10, 100 and 1000 ng/L) over 3 days (n = 10 per concentration). Analyte response
(recovery) was also determined at three concentrations (10, 100 and 1000 ng/L) in LCMS-grade water,
drinking water directly from the tap (chlorinated), surface water, and WWTP influent and effluent.
Surface water was obtained from the River Ouse in York City Centre (UK, GPS coordinates: 53.957397,
−1.083816), drinking water was from the tap at the University of York (York, UK), and both WWTP
influent and effluent were obtained from a WWTP in Barnsley, UK. Limits of detection (LOD) and
quantification (LOQ) were statistically derived using the method described by Sallach et al. [15]. Briefly,
respective LODs were based on the Grubbs t-test constant for 10 variables multiplied by the standard
deviation of 10 replicate quantifications of test chemicals in mixture at the lowest calibrant level
(1 ng/L). The LOQs for respective analytes were determined as two times the LOD [15]. Analytical
limits were determined in LCMS-grade water, drinking water, surface water, and WWTP influent and
effluent. An acceptable range for analyte response was considered between 60–130% and <20% for
intra-/inter-day repeatability and precision as established by USGS method No. 5-B10 [7].

2.5.1. Evaluation of Chemical Stability

To evaluate the potential degradation of test APIs during shipment, a stability assessment was
performed at three temperatures: 4 ◦C (n = 6), 20 ◦C (n = 6), and 35 ◦C (n = 6) (Table S3). Six replicates of
10-mL LCMS-grade water for each temperature were spiked with a mixture of all test chemicals to make
a final mixed concentration of all the APIs at 1000 ng/L. Samples were then stored at the designated
temperatures for either 2 or 7 days to provide the range of holding times from the field to the laboratory
that would be encountered for this protocol. A 1-mL aliquot of each sample was collected, and analysis
occurred via the same procedure as environmental samples. In addition to the stability assessment
to assess if sample storage temperature during shipping affects API concentrations, the interior
temperature of three sets of polystyrene packages containing two ice packs frozen at −20 ◦C was
measured over 7 days to determine the conditions samples are likely to experience during shipment.

2.5.2. Interlaboratory Assessment

To validate the method using independent analytical results, an interlaboratory comparison
was conducted where four samples (three stream samples and 1 WWTP effluent sample) were
simultaneously collected for API analysis at CoEMS and the USGS using USGS method No. 5-B10 [7].
Both methods used the exact same field sample processing procedures and materials (e.g., 15-mL
amber glass sample vials, 24-mL leur lock syringes, and 0.7-μm glass microfiber syringe filters) making
for a more effective comparison of the analytical methods used without having added variability
due to field collection and processing procedures. All samples for this interlaboratory comparison
(Figure S1) were collected from Muddy Creek, North Liberty, Iowa (USA) using the provided sampling
kit and designated protocols and were immediately chilled and express mailed the same day as
sample collection and arriving within 24 h to the USGS NWQL in Denver (Colorado, USA) for
analysis. Samples to CoEMS were frozen following collection and then express mailed where they
were received within 37 h still frozen. There were 30 overlapping APIs between these two methods for
this interlaboratory comparison (Table S4). USGS method No. 5-B10 uses the same chromatography
column, injection volume and positive ESI as the CoEMS method, however it is conducted using
an Agilent Technologies 6460 triple quadrupole tandem mass spectrometer coupled to an Agilent
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1200 HPLC system [7]. The data were evaluated based on their absolute difference (%) and the order
(from highest concentration to lowest) of quantified APIs.

3. Results and Discussion

3.1. Method Validation

All of the validated API parameters were assessed against the range established by USGS method
No. 5-B10 (matrix recovery of 60–130% and RSD ≤20%) and the determined analytical limits (Table 2)
were all in the ng/L range [7]. Mean calibration r2-values were 0.984 ± 0.019, relative standard
deviation of intra- and inter-day repeatability and precision was typically ≤20% (Table S5), and
recovery from LCMS-grade water (Table S6), tap water (Table S7), surface water (Table S8), WWTP
effluent (Table S9) and WWTP influent (Table S10) were typically between 60–130%. Analyte response
(i.e., recovery) was comparable between LCMS-grade water, drinking water and surface water with
deviation from a range of 60–130% most notable in WWTP influent (67% of determinations). This is
likely due to matrix enhancement and indicates that analysis of WWTP influent may be best conducted
with an initial sample clean-up method or by analysis following dilution of the sample using methods
described by Furlong et al. [7]. Limits of detection were lowest in LCMS-grade water and highest in
WWTP influent (Table S11). Generally, little difference was observed between the analytical limits
determined in LCMS-grade water and those in tap and surface water enabling sensitive use of the
method with these matrices (Table 2).

This validation indicates that the method presented here is sufficiently robust and is best used
in high-throughput applications for analysis of drinking and surface water. The method can also be
applied with reasonable accuracy in non-diluted WWTP effluent. While analysis of influent water is
possible, dilution is recommended on a site-specific basis due to potential matrix effects. The precision
of the analysis in influent samples may be improved with further sample pre-treatment such as solid
phase extraction [16].

The analytical response and limits demonstrated by this method are comparable to
(e.g., Furlong et al. [7], Oliveira et al. [17], Hermes et al. [18]) and more sensitive than (e.g.,
Campos-Mañas et al. [8]) other direct-injection HPLC-MS/MS methods. This supports similar work
demonstrating that direct-injection HPLC-MS/MS can achieve robust and specific quantification at
low ng/L levels without a need for sample clean-up (other than filtration) and pre-concentration [16].
Furthermore, this method provides similar environmentally relevant sensitivity as more rigorous (and
likely more expensive) protocols involving sample pre-concentration and SPE (e.g., Gurke et al. [19],
Paiga et al. [20]). The protocol presented here also offers a clear advantage over others as the shipment
and chemical stability of the selected contaminants during shipment was also validated, as shown
in Section 3.2. Therefore, use of this protocol allows for sample collection in areas geographically
isolated from analytical centres, which may reduce the accessibility barriers to sensitive analytical
equipment worldwide.

Table 2. Statistical overview of method validation showing the mean value and standard deviation
(SD) for each parameter and the percent of determinations which fall between the acceptable range
employed by U.S. Geological Survey (USGS) Method No. 5-B10.

Validation Parameter Mean ± SD Within Acceptable Range *

Linearity r2 0.984 ± 0.02

Intra-day Repeatability (%)
10 ng/L 29 ± 19 46%
100 ng/L 11 ± 9 82%
1000 ng/L 8 ± 6 95%

Intermediate/Inter-day
Precision (%)

10 ng/L 42 ± 41 34%
100 ng/L 16 ± 12 72%
1000 ng/L 9 ± 6 93%
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Table 2. Cont.

Validation Parameter Mean ± SD Within Acceptable Range *

Analyte Response in
LCMS-grade water (%)

10 ng/L 95 ± 32 75%
100 ng/L 104 ± 22 90%
1000 ng/L 94 ± 15 97%

Analyte Response in tap
water (%)

10 ng/L 110 ± 27 59%
100 ng/L 101 ± 31 80%
1000 ng/L 106 ± 28 90%

Analyte Response in surface
water (%)

10 ng/L 101 ± 88 56%
100 ng/L 106 ± 26 82%
1000 ng/L 106 ± 18 92%

Analyte Response in WWTP
effluent (%)

10 ng/L 195 ± 212 39%
100 ng/L 117 ± 38 59%
1000 ng/L 108 ± 18 92%

Analyte Response WWTP
influent (%)

10 ng/L 465 ± 992 20%
100 ng/L 168 ± 81 38%
1000 ng/L 145 ± 48 54%

Limit of Detection (ng/L)

LCMS-grade water (ng/L) 9.16
Drinking water (ng/L) 9.72
Surface water (ng/L) 11.79

WWTP effluent (ng/L) 20.22
WWTP influent (ng/L) 54.45

Limit of Quantification
(ng/L)

LCMS-grade water (ng/L) 18.32
Drinking water (ng/L) 19.44
Surface water (ng/L) 23.57

WWTP effluent (ng/L) 40.43
WWTP influent (ng/L) 108.89

* The acceptable range for analyte response was considered between 60–130% and <20% for intra-/inter-day
repeatability and precision as established by USGS method No. 5-B10 [7].

3.2. Evaluation of Chemical Stability during Shipment

Simulated shipping events (n = 3) showed that the interior temperature of the polystyrene
package remained below ambient temperature for 2.44 days (Figure 1). A negative relationship
between chemical stability in water and both temperature and time was observed, and degradation
was consistently higher with increasing temperature and time. Over 2 days, the degradation study
determined a mean stability of 92% ± 8.6% at 4 ◦C, 89% ± 7.9% at 20 ◦C and 90% ± 13% at 35 ◦C.
After 7 days at respective temperatures, stability dropped to 83% ± 11%, 80% ± 13% and 77% ± 19%
at 4 ◦C, 20 ◦C and 35 ◦C respectively (Figure 2, Table S3).

Fluoxetine and its metabolite norfluoxetine were the least stable, exhibiting a mean degradation of
29.7–37.5% and 29.3–34.2% respectively over 2 days and 41.2–50.3% and 41.6–49.2% respectively over
7 days (Table S3). Interestingly, previous work has indicated that both fluoxetine and norfluoxetine
are relatively hydrolytically stable [21]. However, they are known to rapidly partition to solid
matrices such as sediment [22]. Hence, the decreased stability of these chemicals observed here
may partially be an artefact of sorption to test materials including the glass test vessel/PTFE cap or
plastic pipette tips. The tetracycline antibiotics tetracycline and oxytetracycline were also relatively
unstable exhibiting mean degradation of 20.9–24.2% and 21.1–29.3% respectively after 2 days and
34.8–43.1% and 32.3–39.3% respectively after 7 days (Table S3). Previous work has indicated that both
tetracycline and oxytetracycline are quickly degradable via oxidation (e.g., Jeong et al. [23]). Despite
the observed degradation, the dissipation of fluoxetine, norfluoxetine and the tetracyclines were still
of an acceptable level to draw conclusions over the relative fate and abundance of these contaminants
in water. All remaining test chemicals generally demonstrated degradation of <20% over 2 days and
<30% over 7 days (Table S3).

As express shipping usually takes 1–2 days and samples are shipped frozen, it is unlikely that any
API in this method would significantly degrade during shipment. Here, a mean degradation rate of
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11% ± 7.9% (median degradation of 9.1%) over 2 days at 20 ◦C (Table S3) is superior to the typical loss
of 20–40% on sample pre-treatment steps not required by this method (e.g., solid phase extraction)
from water at environmentally relevant pH levels [20,24].
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Figure 1. Mean (n = 3) interior and exterior temperatures of a sample shipping package containing two
ice packs (as standardised for all sampling kits) over 7 days.
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Figure 2. Stability of the target chemicals in liquid chromatography-mass spectrometry (LCMS)-grade
water held at 4 ◦C, 20 ◦C and 35 ◦C for 2 and 7 days respectively.

3.3. Interlaboratory Assessment

The 30 overlapping APIs between the CoEMS and USGS methods led to 120 chemical
determinations for comparison, with chemical results being confirmed in 98% of determinations
(117 of 120, Table S4). Only three determinations for codeine were confirmed at low concentrations
(i.e., 15 to 26 ng/L) via the USGS method while not detected by the CoEMS method (Table S4). Of the
120 total determinations, 48 were nondetects in both methods, 14 were not detected in one method but
confirmed between the LOD and LOQ of the other (e.g., mainly due to differences between LODs),
55 determinations were confirmed and quantified in both methods, while three were confirmed and
quantified in one method but not in the other (Table S4).
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The 55 determinations which were confirmed and quantified by both methods covered 19 APIs
(Figure 3). Concentrations determined between the methods were in agreement with an overall mean
deviation of 19.5% ± 12.3% (Figure 3). Within this deviation, 76.4% of the determinations made at
CoEMS were lower than those determined by the USGS (mean 19.6% ± 9.6% lower). No substantial
difference was observed between the interlaboratory deviations in WWTP effluent and surface water
with median discrepancies of 19.7% (31.5 ng/L) and 19.4% (37.9 ng/L) respectively. The absolute
differences in respective matrices ranged from 2.4% (1 ng/L, trimethoprim) to 38.7% (31.5 ng/L,
sitagliptin) in effluent and 0.8% (2.6 ng/L, tramadol) to 36.4% (104 ng/L, lidocaine) in surface water
(Figure 3). Generally, deviation between the two values (Table S4) was within the intra-day repeatability
of the CoEMS method (Table S5).

Figure 3. Relative percent difference (RPD) between concentrations of 30 medicinal chemicals (present
in both respective methods) quantified by the USGS (using USGS method No. 5-B10 [7]) and CoEMS
(using the method presented in this work) in both WWTP effluent and surface water with median RPD
represented by the vertical bar.

The top five APIs prioritised by concentration in both WWTP effluent and surface water
were identical for both the USGS and CoEMS assessments: Fexofenadine, gabapentin, metformin,
desvenlafaxine and venlafaxine (Figure 4).
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Figure 4. Sum concentrations of the 19 quantified active pharmaceutical ingredients (APIs) determined
by analysis at the CoEMS and USGS respectively with their prioritisation rank determined by
total concentration.

3.4. Concentrations of Studied APIs in Muddy Creek

Of the 61 APIs in the presented method, 31 were detected in at least one sample from Iowa
(Table S12). The highest number of APIs was detected in the WWTP effluent sample (n = 31) and
the lowest (n = 16) in the stream sample collected upstream of the WWTP discharge point. The
fluoroquinolones ciprofloxacin and enrofloxacin were the only APIs detected above quantification
levels in the upstream sample (54.3 and 185.6 ng/L respectively), potentially due to upstream
agricultural pressures or other urban sources (e.g., leaking sewer lines or septic systems). The total
API concentration was lowest upstream of the WWTP (239.9 ng/L), highest in the WWTP effluent
(10,373 ng/L) and attenuated (from 5561.5 to 3699.4 ng/L) with increasing distance downstream
from the WWTP outfall (Figure 5) as one would expect in an effluent-dominated system [25]. At
the time of sampling, 55% of Muddy Creek flow downstream from the WWTP consisted of sewage
plant effluent. The composition of the detected APIs in Muddy Creek was clearly defined by those in
the WWTP effluent and was dominated by antihistamines > antidepressants > antiepileptics > and
antihyperglycemics (Figure 5). The API detected at the highest concentration was the antihistamine
fexofenadine at a maximum concentration of 1644 ng/L in the effluent and 926 ng/L in surface water
collected downstream of the WWTP (Table S4). This was closely followed by the antidepressant
desvenlafaxine in the WWTP effluent with a concentration of 1617 ng/L. Interestingly, this chemical is
also an active metabolite of the antidepressant venlafaxine, which was detected at 681.3 ng/L in the
same effluent sample.
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Figure 5. Muddy Creek study sites by proportion of detected therapeutic class of the 61 target APIs in
the presented method with [site total concentration] and (distance between sites in meters). Pie charts are
labelled with the total detected concentration (ng/L) of APIs belonging to respective therapeutic classes.

3.5. Implication for Future Research

The method presented here offers the first truly transferable sampling, shipping and mass
spectrometry protocol for use in global monitoring campaigns. Potential applications include research
extending the spatial and temporal resolution of published data on API contamination of water
globally, applications related to antimicrobial resistance selection, as well as the potential for further
method development enabling determination of other aquatic contaminants including persistent
organic pollutants and metals. The small size of the sample vials and corresponding shipping packages
and ease of sample collection may encourage the incorporation of citizen science in future API research.
Fast, easy and cheap analytical methods are key to advancing the understanding of exposure to
chemical contaminants via water and this method offers a clear step forward.

Supplementary Materials: Supplementary tables and figures are available online at: http://www.mdpi.com/
2076-3417/9/7/1368/s1. Figure S1: Map of the sampling locations along Muddy Creek with GPS coordinates and
sample site description, Table S1: Mass spectrometer conditions and target ions with precursor, transition 1 (T1)
for quantitation and transition 2 (T2) for confirmation mass-to-charge ratios, collision energy and retention times,
Table S2: Concentrations of the 15 calibration levels used in this method with the volumes and concentrations of
mixed stock solutions used to create final calibrants with an equal amount of organic solvent in each, Table S3:
Stability of monitored chemicals over 2 and 7 days at three temperatures, Table S4: Concentrations of 30 medicinal
chemicals quantified in Muddy Creek (Iowa, USA) by the USGS (Central Midwest Water Science Center, Iowa
City, Iowa) and University of York (York, UK), Table S5: Linearity (n = 3) and relative standard deviation (%) of
both Intra-day repeatability (n = 6) and intermediate precision (n = 6) for the 61 APIs in the presented method
validation with cells shaded in red indicating RSD > 20%, Table S6: Recovery (%) of 61 APIs from LCMS-grade
water (n = 10) with cells shaded in green indicating a recovery between 60–130%, Table S7: Recovery (%) of 61
APIs from drinking (tap) water obtained from the University of York (n = 10) with cells shaded in green indicating
a recovery between 60–130%, Table S8: Recovery (%) of 61 APIs from surface water obtained from the River Ouse
in York City Centre, UK (n = 10) with cells shaded in green indicating a recovery between 60–130%, Table S9:
Recovery (%) of 61 APIs from wastewater treatment plant (WWTP) effluent obtained from a WWTP in Barnsley,
UK (n = 10) with cells shaded in green indicating a recovery between 60–130%, Table S10: Recovery (%) of 61 APIs
from wastewater treatment plant (WWTP) influent obtained from a WWTP in Barnsley, UK (n = 10) with cells
shaded in green indicating a recovery between 60–130%, Table S11: Limits of Detection (LOD) and Quantification
(LOQ) determined in respective matrices, Table S12: Concentrations, in ng/L, of all 61 APIs determined by the
method presented in this paper found in the Muddy Creek (North Liberty, Iowa, USA).
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Abstract: Wastewater treatment plants (WWTPs) are an important reservoir in the development of
drug resistance phenomenon and they provide a potential route of antibiotic resistance gene (ARGs)
dissemination in the environment. The aim of this study was to assess the role of WWTPs in the
spread of ARGs. Untreated and treated wastewater samples that were collected from thirteen Polish
WWTPs (applying four different modifications of activated sludge–based treatment technology) were
analyzed. The quantitative occurrence of genes responsible for the resistance to beta-lactams and
tetracyclines was determined using the real-time PCR method. Such genes in the DNA of both the
total bacterial population and of the E. coli population were analyzed. Among the tested genes that
are responsible for the resistance to beta-lactams and tetracyclines, blaOXA and blaTEM and tetA were
dominant, respectively. This study found an insufficient reduction in the quantity of the genes that
are responsible for antibiotic resistance in wastewater treatment processes. The results emphasize
the need to monitor the presence of genes determining antibiotic resistance in the wastewater that is
discharged from treatment plants, as they can help to identify the hazard that treated wastewater
poses to public health.

Keywords: wastewater; qPCR; tetracyclines; beta-lactams; ARGs; Escherichia coli

1. Introduction

The occurrence and spread of antibiotic-resistant bacteria (ARB) and antibiotic resistance genes
(ARGs) is a serious health protection problem worldwide [1]. According to the World Health
Organization, the occurrence of antibiotic resistance among bacterial populations is regarded as one of
the major hazards and challenges to public health in the 21st century [2], since it has serious economic
consequences as well as risks to the health and lives of both humans and animals [3]. A major problem
in controlling this phenomenon is the lack of national or international legal regulations controlling
the spread of ARB and ARGs in the environment [4]. The existing reports and definitions of drug
resistant bacteria refer only to clinical strains, while similar characteristics for environmental strains
are still missing [5]. The control of the aquatic environment appears particularly important, as it
provides the main spread route of ARB and ARGs [6]. Even though the European Union (EU) Water
Framework Directive contains a provision on ensuring the good quality of waters according to specific
standards, it does not refer to the phenomenon of antibiotic resistance. The genes that are responsible
for resistance to antibiotics are regarded as environmental pollutants [7] that are capable of spreading
among bacteria in natural environments and drinking water resources [8,9]. This is due to the fact that
non-pathogenic bacterial species with antibiotic resistance genes may serve as a source of antibiotic
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resistance genes for pathogenic bacteria [10]. ARGs that are found among bacterial pathogens largely
originate from the environment, which receives treated or untreated wastewater generated by animal
farms, aquaculture, and industry [9,11].

One of the main reservoirs of ARB and ARG pollutants and the source of their spread in the
natural environment [12–14] are wastewater treatment plants (WWTPs) and treated wastewater
discharged to surface water bodies [5,6,15–17]. WWTPs receiving high concentrations of microbial
contaminants with wastewater from hospitals, agriculture, and industry stimulate the transfer
of genetic information between pathogenic and environmental microorganisms. In addition, the
conditions prevailing in wastewater treatment plants, such as a high content of microorganism
populations, the relative abundance of nutrients, and the presence of sub-threshold levels of antibiotic
substances in wastewater [16], provide an environment favourable for the survival of ARB and the
transfer of ARGs.

The increase in microbial diversity and the number of mobile genetic elements [18] and ARGs [19]
is significantly affected by the activated sludge. Microorganisms forming particles of sludge are
responsible for the accumulation and release of bacterial plasmids carrying ARGs [20], which facilitate
the exchange of these genes between bacteria. Another factor contributing to the development
of antibiotic resistance phenomenon during the wastewater treatment process is the presence of
antibiotics, which, even at low concentrations, may induce genetic responses leading to adaptations
and mutations among the microbial population [21]. Therefore, conventional activated sludge-based
wastewater treatment methods provide ideal conditions for the transfer of these genes [22], which was
confirmed by many authors [23–25]. The results of these studies show that the bacteria released with
the discharged treated wastewater may be capable of active transmission of resistance genes among
environmental microorganisms. Bengtsson-Palme et al. [26] demonstrated that the number of bacteria
decreased following the wastewater treatment processes, while the abundance and diversity of genes
determining antibiotic resistance did not change significantly. Moreover, a comparison of treated
and untreated wastewater samples demonstrated that certain resistance genes, e.g., carbapenemase
OXA-48 and the count of mobile genetic elements, were also not significantly reduced [6,26,27].

WWTPs are not specifically designed to remove the antibiotics ARB and ARGs [13]. The main
requirement imposed on WWTPs is to ensure the optimum values of organic matter, nitrogen, and
phosphorus, since the discharge of wastewater containing high levels of these elements may contribute
to oxygen depletion and an increase in the trophic state of the receiving waters. However, the
penetration of microbial contaminants with the treated wastewater is not usually subject to regulations
or monitoring. It should be mentioned that, despite the reduction in the total number of bacteria and
ARB in the wastewater treatment process, large numbers of bacteria exhibiting multi-drug-resistance
characterized by higher virulence could still penetrate into the environment with the wastewater [6,28].

Since the presence of antibiotic resistant bacteria and antibiotic resistance genes in the environment
poses a potential hazard to health, the present study applied molecular analyses for an assessment of
the role of wastewater treatment plants in the spread of ARGs. Quantitative testing of genes encoding
the resistance to beta-lactam antibiotics and tetracyclines (antibiotic classes most commonly used in
medical treatment) enabled a performance assessment of a range of wastewater treatment plants that
apply various modifications of the activated sludge-based treatment process. Genomic DNA samples
originating from the population cultured in the study were used. A significant limitation of this
method is the small amount of growth-capable environmental bacteria possible to obtain, although the
aim of the study was to analyse antibiotic resistance in live bacterial cells with ARGs. The presence of
live bacterial cells that are capable of multiplying constitutes a considerably greater potential threat of
transmission of these genes from WWTPs to the environment. The study results may be of significance
in identifying the degree of risks to the public health of humans and animals exploiting water bodies
that receive treated wastewater.
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2. Materials and Methods

2.1. Study Sites and Sampling

For the purposes of the study, untreated and treated wastewater samples were collected from
thirteen wastewater treatment plants of various capacity, hydraulic retention time (HRT), and
characteristics of the untreated wastewater, located in the Warmińsko-Mazurskie District in Poland.
All of the samples were collected after the secondary treatment process. No additional wastewater
disinfection was performed in the analysed WWTPs. Wastewater treatment plants were divided into
four categories according to the applied modification of the wastewater treatment system: A—WWTPs
(No. I, II) with an anaerobic-anoxic-aerobic (A2O) bio-reactor system; B—WWTPs (No. III, IV, V, VI,
VII) with a mechanical and biological system; C—WWTPs (No. VIII, IX, X) with SBRs (Sequencing
Batch Reactors); and, D—WWTPs (No. XI, XII, XIII) with an increased nutrient removal mechanical
and biological system (see Supplementary Material, Table S1). Wastewater samples were collected
in the winter (February) to sterile bottles, transported to the laboratory at a temperature of 4 ◦C,
and subjected to analysis on the day of collection [29]. The sample collection period was selected to
correspond with an increased morbidity incidence and, thus, with higher antibiotic consumption.

2.2. Physicochemical Parameters and Number of Antibiotic-Resistant Bacteria

Physicochemical parameters of the wastewater samples under study, including five-day Biological
Oxygen Demand (BOD), Chemical Oxygen Demand (COD), and Total Suspended Solids (TSS), were
assessed simultaneously with a microbiological analysis. The total number of bacteria as well as
bacteria resistant to β-lactams (amoxicillin, cefotaxime) and tetracyclines (oxytetracycline, doxycycline)
and the total number of Escherichia coli and Escherichia coli resistant to the same drugs were determined
according to procedures that were described by Osińska et al. [29].

2.3. Bacterial Inoculation and DNA Extraction

To obtain 20–80 colony forming units (CFU) per plate, untreated (UWW) and treated wastewater
(TWW) samples were decimally diluted with saline water and passed through a cellulose filter (pore
diameter of 0.45 μM, Millipore, Merck KGaA, Darmstadt, Germany). Greater accuracy was achieved
by plating in triplicates. The total number of bacteria and bacteria resistant to β-lactams (amoxicillin,
cefotaxime) and tetracyclines (oxytetracycline, doxycycline), as well as the total number of Escherichia
coli and Escherichia coli resistant to the same drugs were determined on plates with TSA medium (Oxoid,
Thermo Fisher Scientific, Carlsbad, USA) and the mFc Agar medium (Merck, Merck KGaA, Darmstadt,
Germany) with/without antibiotic supplementation, respectively. The plates were incubated at 30 ◦C
for 48 h. E. coli were cultured at 44.5 ± 0.2 ◦C for 24 h. The filters were then transferred to sterile screw
cap tubes (50 mL), and 30 mL of 1 × PBS was added to the tubes. They were shaken (200 rpm/min,
three hours) at room temperature. The entire precipitate was then transferred to 2.0 mL Eppendorf
tubes and centrifuged (9000 rpm/min, 15 min). DNA extraction from a bacterial pellet was then
performed using isolation kits (Genomic Mini A&A Biotechnology kit, Gdynia, Poland), according to
the manufacturer’s instructions. The concentration and quality of the extracted DNA was determined
by microspectrophotometry (NanoDrop® ND-1000, Nano Drop Technologies, Willmington, DE, USA).
The DNA was stored at −20 ◦C for further analysis.

2.4. Quantification Analysis of ARGs

The obtained DNA samples originating from antibiotic resistant bacteria were used for ARG
analysis with a conventional polymerase chain reaction (PCR) and a real-time polymerase chain
reaction (qPCR) using specific primers. During preliminary testing, the occurrence of seven genes
responsible for the resistance to tetracyclines (tetA, tetC, tetL, tetM, tetO, tetA(P), tetX) and ten genes
responsible for the resistance to beta-lactams (blaTEM, blaSHV, blaOXA, blaCTX-M, blaCTX-M-1, blaCTX-2,
blaCTX-M-9, blaVEB, blaCMY, blaAMP-C) were investigated using the PCR reaction. These genes were
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selected based on previous studies of the authors [11,28,30]. For ARG quantitative analysis with qPCR,
genes (blaTEM, blaSHV, blaOXA, tetA, tetM) were selected based on their occurrence in environmental
samples in the preliminary testing. Moreover, the presence of gene uidA in E. coli was also used
as a marker of the taxonomic genotype. Antibiotic resistance genes were used to create standard
curves derived from wastewater strains. The standard curves were generated by cloning the amplicon
from the positive control into vector pCR2.1-TOPO (Invitrogen, Massachusetts, USA). All qPCR
reactions were carried out using a Roche Light Cycler 480 device (Roche Applied Science, Denver, CO,
USA). The reactions were carried out in triplicate to ensure repeatability, using both the negative and
positive control.

2.4.1. Preparation of Standard Curves

Prior to the preparation of serial dilutions to create the standard curve, it was necessary to
calculate the number of copies of the gene under study. For this purpose, the following equation was
applied:

number of copies =
(amount of DNA [ng])× 6.022 × 1023

average size of genome[bp] × 109× 650
(1)

where: 650 g/mole means average molecular weight per base pair, 6.222 × 1023/mole is Avogadro’s
number, including molecules, and 109 ng/g is the conversion factor [29]. Standard curves for qPCR
were obtained within the range from 108 to 102 gene copies/μL. The negative control sample was
distilled-deionised water (ddH2O) added to the qPCR reaction mixture as a substitute for matrix DNA.

2.4.2. qPCR Reaction Conditions

All of the analysed genes were quantitatively determined with the qPCR method using SYBR
Green (Roche Applied Science, Denver, CO, USA). Each sample was analysed in triplicate. After each
qPCR assay, a melt curve was constructed by increasing the temperature from 65 to 95 ◦C to verify the
specificity. The point of intersection of the fluorescence signal with the threshold line determined the
cycle threshold (Ct).

All of the primers had been previously validated (for primer sequences, amplicon sizes, annealing
temperatures, references for each sequence, and additional details regarding qPCR conditions see
Supplementary Material, Table S2.

2.5. Data Analyses

Statistical analyses were carried out using the STATISTICA 10 software package (StatSoft Inc.,
1984–2011). The p value of <0.05 was adopted as indicating significance. The microorganism count,
gene concentration, and Spearman’s rank correlation were analysed to identify correlations between
the physicochemical parameters and HRT values for the treatment plants. Moreover, an ANOVA test
was performed in order to identify the differences between the gene concentration in the DNA of
populations originating from both treated and untreated wastewater from the analysed WWTPs.

3. Results

3.1. Concentration of Physicochemical Parameters and Number of Antibiotic-Resistant Bacteria

The physicochemical parameter values of the analysed wastewater samples and the total number
of antibiotic-resistant bacteria and antibiotic resistant E. coli were published by Osińska et al. [29]. The
average BOD values in the untreated wastewater samples ranged from 401 to 606 mg/L and following
the wastewater treatment process they were reduced by 97–99.8%. Meanwhile, the observed COD
values ranged from 1.199 to 1.540 mg/L in the UWW samples and, following the treatment process,
their levels were reduced by 92–98%. The average total number of antibiotic-resistant bacteria in UWW
ranged from 7.04 × 105 to 1.6 × 107 CFU/mL and from 3.32 × 104 to 2.75 × 106 CFU/mL for bacteria
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resistant to beta-lactams and bacteria resistant to tetracyclines, respectively. These values were reduced
by 68–99.9%, although the average count of antibiotic-resistant E. coli in untreated wastewater ranged
from 3.67 × 102 to 4.45 × 105 and, following the treatment, it was reduced by 0–99.9%. Despite the
high reduction in the antibiotic-resistant bacteria count, the percentage of these bacteria in the total
number of microorganisms increased following the treatment process. The COD and BOD values were
directly positively correlated with the number of analysed microorganisms (p < 0.05) (Table 1).

Table 1. Correlations between gene concentrations, total bacteria counts, WWTP parameters, and basic
physico-chemical parameters.

Spearman’s Rank Coefficient

TSA/
1 mL

TSA-AMO/
1 mL

TSA-CTX/
1 mL

TSA-OX/
1 mL

TSA-DOX/
1 mL

tetA tetM blaTEM blaOXA blaSHV uidA HRT TSS BOD

TSA-
AMO/1

mL
0.95

TSA-
CTX/1 mL 0.94 0.94

TSA-
OX/1 mL 0.90 0.92 0.89

TSA-
DOX/1 mL 0.85 0.92 0.90 0.87

tetA 0.22 0.30 0.28 0.26 0.38
tetM 0.20 0.21 0.28 0.20 0.29 0.13

blaTEM 0.42 0.34 0.36 0.27 0.30 0.47 0.03
blaOXA 0.17 0.16 0.20 0.19 0.21 0.02 0.44 0.15
blaSHV 0.41 0.37 0.42 0.32 0.46 0.47 0.33 0.42 0.42
uidA −0.01 0.00 0.03 −0.04 0.03 0.39 0.11 0.68 0.22 0.26
HRT −0.05 0.00 −0.02 −0.11 0.01 0.41 0.10 0.01 −0.28 0.31 0.39
TSS 0.03 −0.04 −0.09 0.06 −0.04 −0.37 −0.15 0.29 0.08 0.08 −0.40 −0.49

BOD −0.68 −0.72 −0.71 −0.62 −0.66 −0.01 −0.27 −0.24 −0.18 −0.18 0.00 0.04 0.00
COD −0.30 −0.35 −0.34 −0.43 −0.38 −0.45 0.11 −0.18 −0.08 −0.15 0.30 0.19 −0.14 0.12

TSA—total bacteria counts, TSA+AMO—amoxicillin-resistant bacteria counts, TSA+CTX—cefotaxime-resistant
bacteria counts, TSA+OX—oxytetracycline-resistant bacteria counts, TSA+DOX—doxycycline—resistant bacteria
counts, HRT— Hydraulic Retention Time, TSS—Total Suspended Solids, BOD—Biochemical Oxygen Demand,
COD—Chemical Oxygen Demand.

3.2. Quantitative Analysis of Antibiotic Resistance Genes and Taxonomic Genes

3.2.1. Quantitative Pccurrence of Antibiotic Resistance Genes among the Total Number of
Antibiotic-Resistant Bacteria

Among the analysed DNA samples of bacterial populations from the TSA universal culture
medium, the presence of all the tested genes responsible for the resistance to beta-lactam antibiotics
and tetracyclines was detected, with the exception of four wastewater treatment plants (No. VII, VIII,
XI, X), in which the blaOXA gene was not detected (Figure 1).

The genes occurring at the highest average concentrations were tetA (from 8.72 × 10−4 to 1.07
gene copies/gene copies 16S rRNA) as well as blaOXA (from 8.54 × 10−3 to 4.53 × 10−1 gene copies/16S
rRNA gene copies) and blaTEM (from 8.33 × 10−4 to 1.49 × 10−1 gene copies/16S rRNA gene copies).
The other genes responsible for antibiotic resistance occurred at a similar level, at concentrations of
the order of 1 × 10−3–1 × 10−2 gene copies/16S rRNA gene copies. An analysis of the correlations
between concentrations of particular genes originating from the total bacterial population revealed a
statistically significant correlation between the blaSHV gene and all antibiotic resistance genes. Moreover,
there was also a positive correlation between blaOXA and tetM, and between blaTEM and tetA genes
(Table 1). An analysis of the correlation between the concentration of particular genes and the count
of microorganisms demonstrated a statistically significant correlation between the concentration of
the blaSHV gene in the DNA of the total bacterial population and the microorganism count on TSA
media, both with and without the supplementation with the tested antibiotics. However, no significant
correlation was found between physicochemical parameters and the concentration of genes, or between
HRT values of the analysed treatment plants and the concentration of genes in wastewater.
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Figure 1. Relative antibiotic resistance gene (ARG) concentration in total bacteria population: (a) tetA
(b) tetM (c) blaTEM (d) blaOXA (e) blaSHV (f) uidA in collected wastewater samples. An asterisk (*)
denotes a statistically significant difference (ANOVA; p < 0.05) between wastewater treatment plant
(WWTP) untreated and treated samples. I-XIII–denote numbers of WWTPs. Group A (I, II), group B
(III–VII), group C (VIII–X), group D (XI–XIII); a—untreated wastewater, b—treated wastewater.

Following the wastewater treatment process, the average concentration of genes that are
responsible for the resistance to beta-lactams and tetracyclines decreased at levels ranging from
0 to 100% (Table 2).

A reduction in the concentration of all antibiotic resistance genes under study was observed in
the DNA of the total bacterial population from WWTP No. VI, group B (mechanical and biological
treatment plants), and WWTP No. XIII, group D (increased nutrient removal mechanical and biological
treatment plants). Moreover, in the DNA of the total bacterial population from other group D WWTPs,
an increase was observed in the concentration of one gene in treated wastewater, i.e., tetM in WWTP
No. XII and blaSHV in WWTP No. XI. Only in the DNA of the bacterial population from WWTP no. III,
group B, was an increase noted in the concentrations of all the tested genes following the wastewater
treatment process. However, in the DNA of the total bacterial population from WWTPS no. IV and V
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(group B), an increase was observed in the concentrations of four analysed genes (tetA, tetM, blaOXA,
and blaSHV). Of all the drug resistance genes under study, the concentrations of blaSHV and blaOXA

were reduced with the highest effectiveness, reaching as much as 100%. The genes that are responsible
for the resistance to tetracyclines proved to be the most problematic group, since for both genes, tetA
and tetM, an increase in their concentration in the TWW was observed in the DNA of the total bacterial
population from six WWTPs.

The genes occurring at the highest average concentrations were tetA (from 3.57 × 10−2 to 1.94 gene
copies/16S rRNA gene copies) and blaOXA (from 8.21 × 10−3 to 6.63 × 10−1 gene copies/16S rRNA
gene copies). The gene tetM was present at lower concentrations (from 9.18 × 10−8 to 4.29 × 10−1 gene
copies/16S rRNA gene copies). For other genes encoding the resistance to beta-lactams, the average
concentrations ranged from 1 × 10−3 to 1 × 10−2 and from 1 × 10−5 to 1 × 10−4 gene copies/16S rRNA
gene copies, for the genes blaTEM and blaSHV, respectively. An analysis of the correlations between the
concentrations of genes in the E. coli population DNA demonstrated a positive correlation between
gene tetM and genes tetA, blaOXA, and blaSHV, and between gene blaTEM and tetA (Table 3).

Table 2. Gene concentration reduction in total bacteria population.

Sewage Treatment Technology
Used

Treatment
Plant

tetA tetM blaTEM blaOXA blaSHV uidA

A. WWTPs with A2O system I * 56.66 * * 36.97 *

II 99.88 83.58 * 100 100 *

B. WWTPs with
mechanical-biological system

III * * * * * *

IV * * 96.73 * * 1.21

V * * 42.45 * * 7.97

VI 99.87 94.27 93.90 100 97.05 31.93

VII * 93.87 * ** * 49.51

C. WWTPs with Sequencing Batch
Reactors (SBR)

VIII 87.89 * 46.94 ** 100 *

IX * 99.98 * 100 90.66 *

X 94.46 * 25.24 ** 58.49 23.50

D. WWTPs with
mechanical-biological system with

elevated removal of nutrients

XI 70.34 13.17 81.96 ** * 19.44

XII 98.68 * 95.82 47.98 100 72.85

XIII 87.16 91.55 88.59 98.78 88.34 79.56

*—increase in gene concentration, **—no gene presence, WWTP—wastewater treatment plant.

3.2.2. Quantitative Occurrence of Antibiotic Resistance Genes among Antibiotic-Resistant E. coli

In the DNA of the bacterial population from E. coli selective medium mFc, tetM, tetA, and blaOXA

genes were not detected in untreated wastewater from all treatment plants (Figure 2).
Following the wastewater treatment process, the average concentration of genes that are

responsible for the resistance to beta-lactams and tetracyclines decreased at a level ranging from
0 to 100% (Table 4).

A complete reduction in genes was observed for the tetA gene in the DNA of E. coli population
from four wastewater treatment plants (No. VII, VIII, X, XI) and for the blaOXA gene for the DNA of
E. coli population isolated from WWTP No. III. A reduction in all genes under study was observed
only in the DNA of E. coli populations from WWTPs No. VIII and IX, group C, ranging from 21% to
100%. An increase in the concentration of all genes under study following the wastewater treatment
process was observed in the DNA of E. coli population from WWTP No. IV, group B. In addition, an
increase in the concentrations of four genes under study (tetA, tetM, blaOXA, blaTEM) was also observed
in the DNA of E. coli population in WWTP No. V, group B, and gene blaSHV was reduced only by 8%.
Wastewater treatment plants reduced the concentration of the blaOXA gene most efficiently. However,
the blaTEM gene, whose concentration increased following the treatment process, was noted in the
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DNA of the population of E. coli from as many as eight WWTPs and was the most difficult to remove
from wastewater.

r

Figure 2. Relative ARGs concentration in E. coli population: (a) tetA (b) tetM (c) blaTEM (d) blaOXA

(e) blaSHV (f) uidA in collected wastewater samples. An asterisk (*) denotes a statistically significant
difference (ANOVA; p < 0.05) between WWTP influent and effluent samples. I-XIII—denote number
sof WWTPs. Group A (I, II), group B (III–VII), group C (VIII–X), group D (XI–XIII); a—untreated
wastewater, b—treated wastewater.
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Table 3. Correlations between gene concentrations, E. coli counts, WWTP parameters, and basic
physico-chemical parameters.

Spearman’s Rank Coeffcient

mFc/
1 mL

mFc-AMO/
1 mL

mFc-CTX/
1 mL

mFc-OX/
1 mL

mFc-DOX/
1 mL

tetA tetM blaTEM blaOXA blaSHV uidA HRT TSS BOD

mFc-AMO/
1 mL 0.93

mFc-CTX/
1 mL 0.66 0.74

mFc-OX/
1 mL 0.81 0.83 0.59

mFc-DOX/
1 mL 0.68 0.69 0.65 0.73

tetA 0.24 0.13 0.13 0.14 0.07
tetM 0.17 0.14 0.17 0.05 −0.02 0.56

blaTEM 0.16 0.07 −0.11 0.09 0.13 0.30 0.24
blaOXA −0.09 −0.02 −0.12 0.02 −0.03 −0.12 0.28 0.22
blaSHV 0.10 0.13 0.15 0.01 0.00 0.05 0.37 −0.02 0.21
uidA −0.04 −0.12 −0.32 −0.15 −0.06 0.11 0.06 0.32 −0.04 0.02
HRT −0.05 −0.08 0.08 −0.11 −0.23 0.03 0.14 −0.61 −0.38 −0.10 −0.12
TSS −0.01 0.06 0.46 0.14 0.23 −0.03 −0.31 −0.05 −0.12 −0.19 −0.01 −0.07

BOD −0.63 −0.63 −0.69 −0.54 −0.43 −0.31 −0.35 −0.11 −0.13 −0.23 0.05 0.04 −0.15
COD −0.29 −0.38 −0.28 −0.41 −0.34 0.20 0.27 0.17 −0.21 −0.09 0.25 0.19 −0.28 0.12

mFc—total E. coli counts, mFc+AMO—amoxicillin-resistant E. coli counts, mFc+CTX—cefotaxime-resistant
E. coli counts, mFc+OX—oxytetracycline-resistant E. coli counts, mFc+DOX—doxycycline-resistant E. coli
counts, HRT—Hydraulic Retention Time, TSS—Total Suspended Solids, BOD—Biochemical Oxygen Demand,
COD—Chemical Oxygen Demand.

Table 4. Gene concentration reduction in E. coli populations.

Sewage Treatment Technology
Used

Treatment
Plant

tetA tetM blaTEM blaOXA blaSHV uidA

A. WWTPs with A2O system I * 93.66 44.30 ** 17.50 *

II ** ** * 64.30 53.95 14.67

B. WWTPs with
mechanical-biological system

III * 99.66 * 100 * *

IV * * * * * *

V * * * * 7.63 40.10

VI ** * * ** 43.52 10.82

VII 100 99.997 14.50 * 90.47 33.22

C. WWTPs with Sequencing Batch
Reactors (SBR)

VIII 100 86.13 21.88 ** 84.69 27.77

IX 60.98 99.76 80.98 ** 88.40 20.75

X 100 68.71 * 85.93 26.06 *

D. WWTPs with
mechanical-biological system with

elevated removal of nutrients

XI 100 * * ** * *

XII 66.62 80.96 * * * *

XIII 98.21 19.55 97.30 ** * 15.52

*—increase in gene concentration, **—no gene presence, WWTP—wastewater treatment plant.

3.2.3. Quantitative Occurrence of uidA Genes

The average concentration of the taxonomic gene of E. coli ranged from 9.97 × 10−3 to 5.63 × 10−2

gene copies/16S rRNA gene copies for the DNA from the total population of bacteria isolated on
TSA medium, and from 1.50 × 10−2 to 4.29 × 10−1 gene copies/16S rRNA gene copies for the DNA
derived from the population of E. coli isolated on the mFc medium. The concentrations of genes
uidA in the DNA of the total bacterial population were positively correlated with the concentration
of genes tetA and blaTEM, while concentrations of genes uidA in the DNA of E. coli population were
only positively correlated with gene blaTEM. The greatest reduction in the concentration of E. coli,
based on the taxonomic gene, was observed in WWTP No. XII, group D (80%) in the DNA of the
total bacterial population and in WWTP No. V, group B (40%) for the DNA of E. coli population. The
relative concentration of gene uidA following the wastewater treatment process increased for the DNA
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obtained from E. coli population in six wastewater treatment plants, while in the DNA from the total
bacterial population, from five WWTPs.

4. Discussion

Wastewater treatment plants constitute a potential source of ARB and ARGs, which can be
transmitted to the environment with discharged treated wastewater. For this reason, monitoring
microbiological pollutant removal effectiveness during wastewater treatment is of particular
significance. Results of studies on the number of antibiotic resistant bacteria on culture media were
published by Osińska et al. [29]. Based on these results, the most frequently occurring bacteria were
those that were resistant to amoxicillin and oxytetracycline, i.e., older generation antibiotics. Even
though wastewater treatment plants usually ensured a rather high level of reduction in the number of
antibiotic-resistant bacteria (at least 99.9%), treated wastewater from WWTPs that were discharged to
the environment contained, on average, from 1.05 × 102 to 2.77 × 105 CFU/mL. It should be stressed
that the percentage of antibiotic-resistant bacteria in the total number of microorganisms increased
following the wastewater treatment process.

Genes that are responsible for resistance to beta-lactam antibiotics were reduced to a greater
extent following the wastewater treatment process as compared to the number of genes responsible
for resistance to tetracyclines. Czekalski et al. [6] also found that, despite a reduction by as much as
78% in the total number of bacteria following the wastewater treatment process, a reduction in ARGs
concentration was not always observed. Moreover, the occurrence of multi-drug resistant bacteria
was found. Rafrat et al. [31] demonstrated that the concentration of blaCTX-M, blaTEM, and qnrS genes
relative to the number of copies of 16S rRNA was generally similar in the samples of wastewater
both before and after the treatment process. The authors also demonstrated that in wastewater from
the treatment plant receiving mixed municipal and hospital wastewater, the concentration of genes
increased following the treatment process. In wastewater from a biological treatment plant using
disinfection with UV radiation, there was also no reduction in the concentrations of blaTEM, qnrA,
and sulI genes in the samples of treated wastewater from that WWTP. Rodriguez-Mozaz et al. [23]
noted that the relative concentrations of ermB and tetW genes decreased as a result of wastewater
treatment, while the concentration of blaTEM, sul1, and qnrS genes in wastewater increased. Those
authors also demonstrated that the incomplete removal of antibiotics and ARGs in the wastewater
treatment process significantly affected the water quality of the river receiving treated wastewater. This
was because the concentration of antibiotics and ARG concentrations at a point beyond the wastewater
inflow were higher than in the samples collected before the effluent discharge point. Other study
results [24,25] also confirm the ineffective elimination of ARGs by conventional wastewater treatment
plants. They also indicate that the bacteria released with wastewater from WWTPs may be capable of
actively spreading the resistance genes among the local microorganisms, thus inhabiting ecosystems
of surface water bodies that receive treated wastewater.

The present study demonstrated that for the genes responsible for resistance to tetracyclines in all
tested WWTPs, both in the total bacterial population and in E. coli population, the tetA gene occurred
at higher concentrations than the tetM gene. Zhang et al. [18]. in their study concerning the change in
microorganism communities of the activated sludge and ARGs under selection pressure of antibiotics
in SBR reactors, observed that the total number of ARGs in the activated sludge increased following
the addition of tetracycline (TC). This indicates that bacteria with ARGs proliferate intensively under
the pressure of antibiotic presence. Moreover, the study demonstrated that, with an increase in TC
concentration, the concentration of genes that are mainly responsible for the efflux pump (tetA, tetB,
tetC) increased, while the concentration of genes responsible for the abundance of ribosomal genes of
protective proteins (tetM, tetO, tetS) was lower when compared with the number of the efflux pump
genes and that this number changed slightly with an increase in TC concentration.

The present study also noted the highest concentrations of tetA and blaOXA genes in the DNA of
E. coli populations, while the occurrence of tetM and blaOXA genes was not noted in all the studied
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samples of the DNA of the E. coli populations from wastewater treatment plants. As a result of
the intake of antibiotics, antibiotic resistance genes can be modified and acquired by the microbiota
inhabiting the gastrointestinal tract, which may be released to the environment with faeces via drainage
systems [23]. Osińska et al. [28] found that, following the wastewater treatment process, the frequency
of the occurrence of antibiotic resistance genes increased among E. coli bacteria. The authors also
noted an increase in the percentage of multi-drug resistant E. coli as compared to untreated wastewater.
Hendricks and Pool [32] suggest that wastewater treatment plants are ineffective in eliminating bacteria,
including faecal contamination indicator bacteria, even though studies with opposite results have been
reported [30]. These great differences in the efficiency of processed wastewater treatment may result
from the wastewater treatment plant capacity and/or the type of wastewater [33]. Hembach et al. [4]
also found a slight reduction in the concentration of ARGs during standard wastewater treatment at
seven wastewater treatment plants of different capacities.

The conducted study indicated concentrations of uidA gene that enable the determination of E. coli
of an order up to 10−1 copies/16S rRNA gene copies. In most cases, no significant reductions in the
number of copies of this gene following the wastewater treatment process were noted. Rafrat et al. [31]
demonstrated that the number of copies of bacterial 16S rRNA was up to 5.84x108 copies/mL of
sample, and there were slight differences (p > 0.05) between the number of gene copies in untreated
and treated wastewater. The results of the studies of those authors suggest that the applied wastewater
treatment processes were not effective in reducing the bacterial load, which is also true for wastewater
treatment plants applying UV disinfection following the conventional treatment process. Even though
a study by Hendricks and Pool [32] demonstrated that wastewater treatment plants may decrease the
load of nutrients and faecal coliforms from treated wastewater, Rafrat et al. [31] indicated that the total
abundance of bacteria (estimated based on the number of copies of the bacterial gene 16S rRNA) was
not reduced following the treatment process, irrespective of the process applied. Therefore, biological
wastewater treatment plants may provide an appropriate environment for the spread of ARGs, as both
the conditions prevailing during wastewater treatment, and the great diversity of microorganisms
facilitate the transmission of genes through, inter alia, horizontal gene transfer (HGT) [6].

For most WWTPs receiving only municipal wastewater, the blaOXA gene was not detected in
the DNA obtained from the total population of bacteria isolated on TSA medium or in the DNA
of the E. coli population. In the DNA of populations that were isolated from wastewater in other
treatment plants, the concentration of this gene was dominant. Another quantitatively dominant gene
responsible for resistance to beta-lactams was the blaTEM gene. It is believed that the group of TEM-type
beta-lactamases may be of paramount significance in the development of resistance to beta-lactam
antibiotics due to its great diversity (over 220 types of genes belong to this group) [34]. The results
that were obtained by Ojer-Usoz et al. [35] also indicated the dominant occurrence of blaTEM gene in
relation to the blaSHV and blaOXA genes in the DNA of isolates originating from wastewater treatment
plants. However, this study found that WWTPs that received only municipal wastewater proved to
exhibit a much better performance in reducing the analysed genes responsible for antibiotic resistance
than wastewater treatment plants also receiving wastewater from the food industry and hospitals.

Following the wastewater treatment process, an increase or a slight reduction in the concentration
of studied ARGs was observed in the DNA of the total bacterial population and in the DNA of the
E. coli population, mainly in WWTPs with a mechanical and biological system (group B). Moreover,
an increase in the concentration of all the studied genes was observed in the DNA of the total
bacterial population from WWTP No. II and in the DNA of the E. coli population isolated from
WWTP No. IV. An increase in the ARG concentration following the wastewater treatment process
was also found in the DNA samples from both studied populations isolated from WWTP No. V with
a mechanical and biological system. Moreover, an over 90% decrease in all ARGs in the DNA of
the total bacterial population was noted in WWTP No. VI, which used a mechanical and biological
wastewater treatment system. At the same time, an increase in the number of tetM and blaTEM

gene copies and the presence of tetA gene was observed in the DNA of the E. coli populations that
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were isolated from the same plant. Interestingly enough, the latter gene was not detected in the
untreated wastewater received by the plant. The highest reduction in the studied ARGs was recorded
for the WWTP No. XII (group D) with an increased nutrient removal mechanical and biological
system in the DNA samples isolated from the total bacterial populations and for the WWTPs No.
VIII and IX with sequencing batch reactors (group C) in the DNA samples that were obtained from
the E. coli populations. Rafrat et al. [31] also found differences in the concentrations of genes in
treated wastewater from various WWTPs, including an increase in the concentration of genes in
wastewater from a treatment plant which receives municipal and hospital wastewater. The differences
in ARG concentrations between wastewater samples from various treatment plants may be due to
the differences in microbiological composition of wastewater incoming to particular treatment plants
and the diversity of antibiotics (concentration and type) present in wastewater [17]. Guo et al. [36]
found that ARGs from chromosomal mutations, under the great selective pressure of antibiotics,
decreased along with the degradation of total antibiotics in final effluents, instead of proliferating
through biological treatment stages. Youan et al. [35] demonstrated that the ARB count and the
ARG number were statistically significantly positively correlated with the COD and the contaminant
load, and negatively correlated with the oxygen content and the wastewater temperature. Moreover,
Jiao et al. [37] observed that the absolute concentration of ARGs decreased by one order of magnitude
in the DNA of samples that were collected in winter as compared with the DNA samples collected in
summer, which could be explained by the fact that low temperatures may cause microbial enzyme
deactivation, thus having a direct effect on ARG removal effectiveness. These correlations were not
confirmed by Wen et al. [25], who suggest that varied temperatures throughout different seasons does
not have a significant effect on the ARG concentration. These differences may be explained by regional
diversification of antibiotic doses or by other factors that are connected with seasonal temperature
fluctuations. A factor with a significant effect on the ARG concentrations may also be the composition
of the wastewater reaching WWTPs. Numerous studies have documented high concentrations of ARGs
in wastewater produced by hospitals [6,23,30] or some industries, e.g., the food industry [11,20,38].
Moreover, dissemination of ARGs may also be affected by wastewater contamination with heavy
metals, whose residues may pose co-selection pressure on ARG distribution [24]. For this reason,
ARGs are not effectively eliminated in the wastewater treatment process and their concentration may
even increase [39]. Wastewater discharge to the environment or their re-utilisation may lead to the
dissemination of ARB and ARGs in the environment, threatening the ecological safety of aquatic
ecosystems, in particular [27,40]. Moreover, the continued ARB and ARG discharge to the environment
may contribute to an increase in infections with resistant pathogens and may enlarge the ARG pool
among the environmental bacteria [6]. At the same time, Lorenzo et al. [41] demonstrated that, despite
an effective reduction in absolute ARB and ARG concentrations by wastewater treatment plants, they
might still remain hot-spots of antibiotic resistance expansion among wastewater bacteria sensitive to
these drugs and considerably increase the antibiotic resistance levels in freshwater ecosystems that
receive such wastewater. The results of the present study of the role of wastewater treatment plants in
antibiotic resistance have demonstrated that the ARG concentrations in wastewater discharged from
WWTPs may fluctuate significantly and the factors determining ARG elimination effectiveness in the
wastewater treatment process should be monitored.

5. Conclusions

The results of the present study indicate that WWTPs play a significant role in the acquisition
and spread of antibiotic resistance genes among bacterial populations. The presence of ARGs in live
bacterial cells that are capable of multiplying constitutes a considerably greater potential threat of
transmission of these genes from WWTPs to the environment. Therefore, the present study may be
helpful in identifying the risks to human public health and the well-being of animals exploiting
water bodies that receive treated wastewater. The analysed genes of resistance to beta-lactam
antibiotics (blaOXA, blaTEM, blaSHV) and to tetracyclines (tetA, tetM) were detected in the DNA of
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bacterial populations isolated from wastewater from most wastewater treatment plants under study.
In the DNA of E. coli population, the occurrence of tetM and blaOXA genes was not detected in any
of the tested WWTPs. It should be noted that not all gene concentrations were reduced following
the treatment processes. For certain genes (blaTEM, tetA), their average concentrations increased
by as much as one order of magnitude following the treatment process. The results of this study
indicate the presence of significant concentrations of genes that are responsible for antibiotic resistance,
even in the treated wastewater from WWTPs. Generally, in wastewater treatment plants with a
mechanical-biological system, an increased number of ARGs copies after treatment processes were
observed. This indicates the need for continuous monitoring of wastewater treatment processes, as the
discharge of wastewater to aquatic environments following treatment processes may pose a serious
hazard to environmental safety.
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Abstract: Vitellogenesis is a pivotal reproductive process of the yolk formation in crustaceans.
Vitellogenin (VTG) is the precursor of main yolk proteins and synthesized by endogenous estrogens.
The intertidal mud crab (Macrophthalmus japonicus) inhabits sediment and is a good indicator for
assessing polluted benthic environments. The purpose of this study was to identify potential
responses of M. japonicus VTG under environmental stresses caused by chemical pollutants, such as 1,
10, and 30 μg L−1 concentrations in di(2-ethylhexyl) phthalate (DEHP), bisphenol A (BPA) and irgarol.
We characterized the M. japonicus VTG gene and analyzed the transcriptional expression of VTG
mRNA in M. japonicus exposed to various chemicals and exposure periods. A phylogenetic analysis
revealed that the M. japonicus VTG clustered closely with Eriocheir sinensis (Chinese mitten crab)
VTG, in contrast with another clade that included the VTG ortholog of other crabs. The basal level
of VTG expression was the highest in the hepatopancreas and ovaries, and tissues. VTG expression
significantly increased in the ovaries and hepatopancreas after 24 h exposure to DEHP. Increased
responses of VTG transcripts were found in M. japonicus exposed to DEHP and BPA for 96 h; however,
VTG expression decreased in both tissues after irgarol exposure. After an exposure of 7 d, VTG
expression significantly increased in the ovaries and hepatopancreas for all concentrations of all
chemicals. These results suggest that the crustacean embryogenesis and endocrine processes are
impaired by the environmental chemical pollutants DEHP, BPA, and irgarol.

Keywords: vitellogenin (VTG); crustacean; di(2-ethylhexyl) phthalate (DEHP); bisphenol A (BPA);
irgarol

1. Introduction

Vitellogenesis is a hormonally regulated process for synthesizing yolk proteins and an important
step in the reproductive development of crustaceans [1]. Vitellogenin (VTG), a precursor molecule
of vitellin, is stored in crustacean hepatopancreas tissue and transported by the hemolymph to
the ovaries. The sites of VTG synthesis are in the hepatopancreas and ovary tissues in decapod
crustaceans [2–5]. VTG genes have shown specific levels of expressions that vary by tissue, sex,
and development stage [6]. VTG inductions were observed in aquatic invertebrates by exposure to
estrogenic compounds [7,8]. After endosulfan exposure, VTG gene expression was downregulated
in Pandalus shrimp (Pandalopsis japonica) [9]. The regulation of VTG gene may be affected by several
pollutants [7–9].

Environmental chemical pollution is globally one of the most critical ecological problems, owing
to the high risks it poses to ecosystems and human life [10]. Bisphenol A (BPA), a common endocrine
disrupting chemical (EDC), is a carbon-based synthetic compound and a xenoestrogen that interferes
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with estrogen receptor signaling [11]. BPA concentrations observed in U.S. river estuaries were
approximately 4 μg L−1 to 21 μg L−1 [12,13]. Exposure to BPA induced transcription responses of
the heat shock protein 90 (HSP90) gene in the marine crab Charybdis japonica [14]. Di-(2-ethylhexyl)
phthalate (DEHP), a suspected EDC, is widely used as plasticizer and may induce reproductive
and developmental toxicities in aquatic environments [15]. DEHP toxicity induced changes in
the VTG levels in African sharptooth catfish (Clarias gariepinus) and the Chinese rare minnow
(Gobiocypris rarus) [16,17]. DEHP levels were 0.47 to 12 μg L−1 in the China river estuary [18]. Irgarol,
which is used as an algicide, has been found in coastal and estuarine environments because it is
commonly used in antifouling systems [19,20]. Irgarol exposure induced downregulation of HSP90
expression in hard coral (Acropora tenuis) [21]. Worldwide, the environmental concentrations of irgarol
in antifouling systems range from 1 ng L−1 to 1 mg L−1 [22]. Irgarol’s long half-life poses an ecological
risk in estuarine ecosystems [20]. Although these pollutants are ubiquitously distributed in aquatic
environments, there is not enough information about the effects of embryogenesis in crustaceans.

Crabs make up one of the largest crustacean families. The accumulation and synthesis of
VTG is vital for oocyte and embryo development in crabs [2,6,23]. A burrowing mud crab,
Macrophthalmus japonicus (Ocypodoidea), inhabits estuarine intertidal mud flats throughout the
Indo-Pacific regions of Japan and Korea [24–27]. M. japonicus is also a major bioturbator of tidal flats and
plays a crucial role in purifying sediment [28]. The movement of M. japonicus may affect the distribution
of macro-infauna because of the accompanying disturbance in the physical and chemical properties
of the sediment [25]. Previous studies have suggested that M. japonicus may be a useful indicator for
modeling the exposure effects of chemical toxicity in the sediment environment [26,27,29,30].

In this study, we assessed the effects of crustacean embryogenesis and endocrine process
by environmental chemical pollutants such as BPA, DEHP, and irgarol using the intertidal mud
crab. To accomplish this, we characterized the M. japonicus VTG gene and analyzed phylogenetic
relationships. The transcriptional responses of VTG and the tissue distribution of VTG mRNA
expression were investigated from M. japonicus ovaries and hepatopancreases, plus other tissues,
following exposure to either BPA, DEHP, or irgarol.

2. Materials and Methods

2.1. Organisms

M. japonicus was prepared from marine product markets in Yeosu (Jeonnam, Korea). On average,
crabs ranged from 2.5 to 3.5 cm in carapace height, 2.7 to 4.3 cm in carapace width and 4 to 11 g in
body weight. The crabs were placed in glass containers (45.7 × 35.6 × 30.5 cm) with natural seawater
and aeration. All samples acclimatized for 1 d at 18 ± 1 ◦C in temperature, 25% salinity, and a 12 h
light-dark schedule. Non-damaged crabs were selected. Experiments were performed based on the
guidelines of the Chonnam National University Institutional Animal Care and Use Committee.

2.2. Exposure Experiments

Irgarol (2-(tert-butylamino)-4-(cyclo-propylamino)-6-(methyl-thio)-s-triazine) and BPA (99.9%
pure) were prepared from Sigma-Aldrich (St. Louis, MO, USA). DEHP solutions were obtained from
a solid compound (99%, Junsei Chemical Co. Ltd., Japan). The 10 mg L−1 stock solutions of BPA,
DEHP, and irgarol were prepared by dissolving the chemicals in 99% acetone at room temperature.
For working solutions of 1, 10, and 30 μg L−1 for each chemical; the stock solution was diluted with
seawater. In solvent controls, a solvent concentration was <0.5% acetone.

For each chemical exposure, the crabs (n = 120) were randomly divided into four experimental
groups (1, 10, and 30 μg L−1 treatment solutions, as well as solvent controls). Ten crabs were
exposed with one of three doses of BPA, DEHP, or irgarol. Treatment times were 24 h, 96 h, and
7 d. Three individuals were subjected to tissue extractions for each time interval in each chemical
treatment condition and control crab. The seawater was changed every day by adding the equivalent
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concentration of each chemical during the experiment. No food was provided during the experimental
period. All experiments were run in three replicates with independent samples. Following exposure,
tissue samples were immediately extracted from the crabs.

2.3. Characterization of the M. Japonicus Vitellogenin (VTG) Genes and Phylogenetic Analysis

VTG gene sequences were obtained using the 454 GS FLX transcriptomic database of the
M. japonicus body [31]. The identified VTG cDNA sequences were compared with the VTG
sequences in crustacean species available on the national center for biotechnology information (NCBI)
database, using basic local alignment search tool (BLAST) searching (http://www.ncbi.nlm.nih.gov).
The deduced amino acid sequences were obtained using the ExPASy translation program and aligned
using the Clustal W2 tool.

To analyze the M. japonicus VTG gene in a phylogenetic tree, 14 crustacean VTG sequences were
downloaded from NCBI for comparison of their similarities with the deduced amino acid sequences of
the M. japonicus VTG. The GeneDoc Program (ver. 2.6.001) was used to display the multiple aligned
sequences. A construction of the phylogenetic tree was made by neighbor-joining analyses of the Mega
X program (version 10.04). The bootstrap value was calculated by 1000 replicates.

2.4. RNA Isolation and mRNA Expression Analysis

Total RNA from M. japonicus was obtained using the RNAiso Plus reagent (Takara, Dalian, China)
following the manufacturer’s protocol. Recombinant DNase I (RNase free) (Takara, Kusatsu, Japan)
treatment was used to eliminate contamination of genomic DNA. Integrity and quantity of the extracted
RNA were checked using 0.8% agarose gel for electrophoresis and a Nano-Drop 1000 (Thermo Fisher
Scientific, Foster City, CA, USA). cDNA synthesis was performed with 3 μg of total RNA using the
SuperScript™III RT kit (Invitrogen, Foster City, CA, USA) following the manufacturer’s protocol.
After synthesis, the diluted cDNA (50-fold) was stored at −80 ◦C.

To evaluate VTG gene responses in multiple tissues, the total RNA was extracted from
M. japonicus in a seawater control. Quantitative real-time PCR (polymerase chain reaction,
RT-PCR) was performed using the ExicyclerTM96 (Bioneer, Daejeon, Korea) with the master mix
(Bioneer, Daejeon, Korea). The glyceraldehyde-3-phosphate dehydrogenase (Mj GAPDH) gene of
M. japonicus was used as an internal reference [16]. The primer sequences were: Mj_VTG forward 5′-
CTTGGGCTCTCCAGTTC TTG-3′; Mj_VTG reverse 5′-CCACGTATGCCTCTTTTGGT-3′; Mj_GAPDH
forward 5′-TGCTGATGCACCCATGTTTG-3′; Mj_GAPDH reverse 5′-AGGCCCTGGACAATCTCAA
AG-3′. The size of the PCR product was 164 bp for the VTG gene and 147 bp for the GAPDH gene.
The reaction mixture (20 μL) contained 6 μL of diluted cDNA, 10 μL of 2x SYBR green dye (Bioneer,
Daejeon, Korea), 0.5 μL of forward and reverse primers (10 μM), and 3.0 μL of RNase-free water.
The following RT-PCR cycle was used for amplification of the VTG gene: 94 ◦C for 40 s, followed
by 38 cycles of 94 ◦C for 15 s, 53 ◦C for 30 s and 72 ◦C for 40 s. The ExicyclerTM96 real time system
program (version 3.54.8) was used for the verification of the RT-PCR baseline. The calculation for
relative transcript levels was used by the 2−Δ Δct method [32] and normalized with GAPDH.

2.5. Statistical Analysis

Statistical analysis was conducted using statistical package for the social sciences (SPSS) 12.0 KO
(SPSS Inc., Chicago, IL, USA). Statistical analysis for tissue distribution was performed using Dunnett’s
multiple range test of One-Way Analysis of Variance (ANOVA). An independent sample t-test was
used to compare significant differences in the transcriptional expression of VTG between the ovaries
and hepatopancreas under different chemical concentrations. A two-way ANOVA was conducted
to assess the effects of dose and exposure to each chemical on VTG expression. Differences were
statistically significant at p < 0.05 (*) and p < 0.01 (**). Data are presented as the mean ± SD.
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3. Results

3.1. Characterization of the M. Japonicus VTG Gene

The partial cDNA of the M. japonicus VTG gene was obtained from the GS-FLX transcriptome
database of the M. japonicus crab [31]. The M. japonicus VTG DNA was 3700 bp long, included an
open reading frame (ORF) of 1202 amino acids, and included a lipoprotein amino acid terminal region
of VTG (Figure 1). The M. japonicus VTG nucleotide sequence was 87% homologous with that of
Eriocheir sinensis (KC699915). The predicted amino acid sequences of the VTG were 84%, 72%, 65%,
and 63% homologous with those of E. sinensis (AGM75775), Longpotamon honanense (freshwater crab;
AKI23633), Scylla paramamosain (green mud crab; ACO36035), and Portunus trituberculatus (swimming
crab; AAX94762), respectively. Thus, the VTG gene of M. japonicus does not show a high homology
with that of the other crabs (Figure 1). A phylogenetic analysis revealed two clades of VTG of the
crabs (Figure 2). One clade was composed of VTGs from M. japonicus, E. sinensis and L. honanense.
Another clade had homologous VTGs from S. paramamosain, P. trituberculatus, Charybdis feriata
(Indo-Pacific crab; AAU93694), and Callinectes sapidus (blue crab; ABC41925). In addition, the black
tiger shrimp (Penaeus monodon) (ABB89953) VTG formed another clade with the VTG of lobster
(Homarus americanus; ABO09863), multiple prawn species, and other related shrimp species (Figure 2).

Figure 1. Vitellogenin (VTG) gene of the intertidal mud crab, M. japonicus. Multiple sequence alignments
of the deduced M. japonicus VTG gene sequences with the homologous sequences of other crabs.
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Figure 2. Phylogenetic tree of M. japonicus VTG gene constructed by neighbor-joining analysis
(bootstrap value 1000). The numbers at the nodes are the percentage bootstrap values. GenBank
accession numbers for VTGs are: M. japonicus VTG (Acc **), Eriocheir sinensis (KC699915),
Longpotamon honanense (AKI23633), Callinectes sapidus vitellin precursor (AEI59132), C. sapidus VTG
(ABC41925), Portunus trituberculatus (AAX94762), Scylla paramamosain (ACO36035), Charybdis feriata
(AAU93694), Homarus americanus (ABO09863), Upogebia major (BAF91417), Penaeus japonicus
(BAD98732), Penaeus chinensis (ABC86571), Penaeus monodon (ABB89953), Penaeus vannamei (AAP76571),
and Metapenaeus ensis (AAN40700). ** Accession #s to be deposited in GenBank.

3.2. Basal Levels of M. Japonicus VTG Expression in Multiple Tissues

The basal expression levels of VTG were observed in six tissues (gill, hepatopancreas, muscle,
ovaries, heart, and stomach) (Figure 3). The fold change of each VTG mRNA expression in each
tissue was based on the VTG expression level in gill tissue (when the set value of the gill = 1).
The M. japonicus VTG gene expression was expressed differentially in all investigated tissues. The high
level of M. japonicus VTG expression was evident in the ovaries and hepatopancreas, whereas relatively
low levels were observed in the gill, muscle, stomach, and heart. The M. japonicus VTG mRNA
expression varied significantly between the crab gill and ovaries, or hepatopancreas (p < 0.05).
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Figure 3. Basal expression of M. japonicus VTG transcripts among different tissues (Gi, gill; Hp,
hepatopancreas; Ms, muscle; Ov, ovaries; Ht, heart; St, stomach). Each tissue was collected from 10 mud
crabs. The experiments were performed in triplicate. The data are represented as the mean ± SD.
The relative expression levels of each gene in each tissue were compared with the respective gene
expression levels in gills (relative to set value of gill = 1). Significant differences at * p < 0.05 are
indicated with an asterisk.

3.3. VTG Gene Expressions in M. Japonicus Ovaries and Hepatopancreas after DEHP, BPA,
or Irgarol Exposures

After an exposure of 24 h, VTG mRNA expression generally increased in M. japonicus
hepatopancreas exposed to DEHP, BPA or irgarol (Figure 4A). In particular, exposure to 1 and 30 μg L−1

DEHP significantly induced VTG gene expression (p < 0.05) relative to the control (when the value of
the control = 1). In the ovaries, transcriptional levels of VTG increased slightly after BPA exposure
(Figure 4B). In contrast, irgarol slightly decreased VTG expression at a relatively low concentration of
1 μg L−1, although VTG response was somewhat induced at a relatively high irgarol concentration of
30 μg L−1. After exposure to different concentrations of DEHP, VTG gene expression was significantly
upregulated at 10 (2.8-fold) and 30 μg L−1 (3.3-fold) of DEHP in a concentration-dependent manner
(p < 0.05).

The VTG gene response increased in hepatopancreas exposed to DEHP and BPA for 96 h, whereas
a decrease in VTG expression resulted from irgarol exposure (Figure 5A). The up-regulation of VTG
gene expression was significantly different at a relatively high concentration of BPA (30 μg L−1)
(p < 0.05). In addition, DEHP exposure significantly induced the up-regulation of the VTG expression
in the hepatopancreas. The highest VTG expression was observed at 30 μg L−1 (4.9-fold) DEHP
(p < 0.01). In contrast, after 96 h of irgarol exposure, VTG decreased in a dose-dependent manner.
In the M. japonicus ovaries, BPA and DEHP exposure significantly upregulated transcriptional levels of
VTG following exposure to all concentrations (p < 0.05) (Figure 5B). Similar to the VTG gene response
in the hepatopancreas, the VTG expression in the M. japonicus ovaries downregulated after irgarol
exposure for 96 h. The highest level of VTG expression was found at 30 μg L−1 (5.1-fold) of DEHP
(p < 0.01).

54



Appl. Sci. 2019, 9, 1401

Figure 4. Transcriptional expression of VTG gene in M. japonicus hepatopancreas (A) and ovaries (B)
exposed to each dose of bisphenol A (BPA), di(2-ethylhexyl) phthalate (DEHP), and irgarol for 24 h.
The values were normalized against glyceraldehyde-3-phosphate dehydrogenase (GAPDH). Values of
each bar represent the mean ± SD. A statistically significant difference is presented by an asterisk at
* p < 0.05 as compare to the control (relative control value of VTG = 1).

At 7 d of exposure, there were different responses of the VTG gene between the hepatopancreas
and ovary tissues (Figure 6). In the hepatopancreas, significant up-regulation of the VTG gene
was observed at relatively low concentrations of 1 μg L−1 of BPA (4.3 fold) and DEHP (5.1 fold)
(Figure 6A). The responses of VTG gene expression decreased in a concentration-dependent manner.
After irgarol exposure, VTG mRNA expression slightly increased in the M. japonicus hepatopancreas,
compared to the control level, for 7 d. In terms of VTG response in the ovaries, VTG expression
was upregulated at all concentrations of BPA, DEHP, or irgarol exposure (Figure 6B). BPA exposure
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significantly increased VTG gene expression at 1 (4.3-fold), 10 (4.0-fold), and 30 μg L−1 (5.1-fold)
of BPA (p < 0.05). DEHP treatment also significantly induced the VTG mRNA level at 1 (4.2 fold),
10 (5.3 fold) and 30 μg L−1 (7.2 fold) of DEHP (p < 0.01). The trend of VTG in response to DEHP
exposure increased in a dose-dependent manner. In addition, significant expression of VTG was found
at a relatively high concentration of 30 μg L−1 (3.8 fold) of irgarol, although VTG gene expression
generally increased in M. japonicus ovaries exposed to irgarol for 7 d. Furthermore, there are no
significant difference in weight changes between the control and treated groups after 7 d exposures to
each chemical (Supplementary Figure S1).

Figure 5. Expression of VTG mRNA in M. japonicus hepatopancreas (A) and ovaries (B) after exposure
to each dose of BPA, DEHP, and irgarol for 96 h. The values were normalized against GAPDH. Values
of each bar represent the mean ± SD. A statistically significant difference is presented by an asterisk at
* p < 0.05 and ** p < 0.01 as compare to the control (relative control value of VTG = 1).
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Figure 6. Expression of VTG mRNA in M. japonicus hepatopancreas (A) and ovaries (B) after exposure
to each dose of BPA, DEHP, and irgarol for 7 d. The values were normalized against GAPDH. Values of
each bar represent the mean ± SD. A statistically significant difference was presented by an asterisk at
* p < 0.05 and ** p < 0.01 as compare to the control (relative control value of VTG = 1).

With different exposure times, VTG gene expression for 24 or 96 h did not differ significantly
between the hepatopancreas and ovary tissues (p > 0.05). VTG expression levels for 7 d were
significantly different between the hepatopancreas and gill (p < 0.001). An increase of the VTG
gene expression was observed to be time-dependent in M. japonicus hepatopancreas exposed to the
relatively low concentrations of 1 μg L−1 BPA and DEHP (Supplementary Figure S2). In ovary tissue,
the up-regulations of VTG gene were found to be time-dependent at all concentrations of BPA and
DEHP (Supplementary Figure S3).

57



Appl. Sci. 2019, 9, 1401

4. Discussion

To understand VTG gene responses following exposure to environmental chemical pollutants,
the cDNA sequence of M. japonicus VTG was identified and analyzed using phylogenetic analysis.
The three functional domains of the crustacean VTG gene are the lipoprotein domain at the N-terminus
(LPD_N), the DUF1943 domain, and the von Willebrand factors type-D domain (VWD) [2,23,33]. In this
study, we characterized the M. japonicus VTG with 3700 bp ORF, which encodes a protein of 1202
amino acids. The deduced protein region of the M. japonicus VTG was predicted as the LPD_N of VTG,
which is a conserved region found in various lipid transport proteins [34]. In multiple alignments of
the amino acid sequences, M. japonicus VTG showed high homology with the protein from E. sinensis.
The phylogenetic analysis revealed two clusters representing shrimps or crabs among the crustaceans.
In these clusters, three clades were represented by crabs, including M. japonicus, other crabs, and
H. americanus.

In this study, it was observed that M. japonicus mainly synthesizes VTG in the hepatopancreas
and ovaries. In crustaceans, the hepatopancreas is a critical storage system of nutrients and energy in
the forms of carbohydrates, proteins, and lipids, which are essential in regulating an energy balance
during the reproductive cycle [35]. The hepatopancreas was also reported to be the main source of VTG
activity in decapod species, although VTG expression was also found in the ovaries [5]. The primary
expression site of the VTG gene in crustaceans has been a controversial topic. VTG production was only
observed in the hepatopancreas of Macrobrachium rosenbergii (freshwater prawn), Cherax quadricarinatus
(red claw crayfish), Pandalus hypsinotus (coonstriped shrimp) and P. trituberculatus [2,36–38]. In contrast,
the VTG gene was expressed in both the hepatopancreas and ovaries of Upogebia major (mud shrimp)
and marine crabs such as S. paramamosain, Carcinus maenas (green crab), C. sapidus, C. japonica and
E. sinensis [9,23,39–41]. We identified that the major sites for VTG synthesis in M. japonicus are the
hepatopancreas and ovaries.

The endocrine disruptor BPA is presently considered a ubiquitous emerging pollutant in aquatic
environments. In this study, exposures to BPA triggered up-regulation of M. japonicus VTG expression
in the hepatopancreas and ovary tissues for different exposure periods. BPA exposure increased VTG
levels in various fish, such as fathead minnows, goldfish, and bluegills [42]. BPA toxicity at lower
concentrations (<15 μg L−1) showed induced ovarian expression of a steroidogenic gene involving
VTG in G. rarus [43]. In addition, different modulations of VTG were reported in two VTG genes in
the gilthead bream Sparus aurata and G. rarus [43,44]. These results indicate that induction of VTG
following BPA exposure is a major response to the stressful effects of endocrine-disruption.

The endocrine effects of DEHP, a distinctive EDC, are noticeable in marine ecosystems where high
concentrations of DEHP have been found in river estuaries and coastal areas [45]. In our study, DEHP
exposure generally increased M. japonicus VTG expression in the tested tissues. The up-regulation
of VTG gene expression in M. japonicus was more sensitive to DEHP exposure than to exposure
to the other chemicals tested. In addition, transcriptional responses of the VTG gene in the
hepatopancreas were found to be significant under relatively low concentrations of DEHP for the
different exposure times, whereas VTG was expressed in the ovaries under all concentrations of
DEHP tested. Adeogun reported that DEHP exposure induced time- and concentration-dependent
increases of VTG levels in C. gariepinus [17]. Long exposure to low doses of DEHP reduced oocyte
maturation [46] and increased the levels of hepatic VTG transcripts in G. rarus [16]. In addition, VTG
levels in marine medaka livers increased after DEHP exposure [47]. These results strongly emphasize
the suitability of using the VTG gene as a biomarker to assess the environmental presence of DEHP.

Since the use of irgarol as an algaecide has increased, irgarol has been detected frequently in coastal
environments [48]. However, there is not enough information about the potential effects of irgarol
exposure on the endocrine system of crustaceans. In our study, the responses of VTG gene expression
following exposure to irgarol were different. After a 24 h exposure to irgarol, the M. japonicus VTG gene
was expressed in a dose-dependent manner. The up-regulation of VTG relative to the control decreased
in the hepatopancreas and ovaries when exposed to irgarol for 96 h. VTG gene expression recovered
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after 7 d of irgarol exposure. These results are the first report of the endocrine effects of irgarol exposure
in crustaceans. A recent study reported that irgarol exposure induced changes in thyroid endpoints in
the inland silverside fish (Menidia beryllina) under salinity and temperature changes [28]. In A. tenuis,
exposure to irgarol for 7 d resulted in body color changes and reduced transcriptional expression of
the HSP90 gene [29]. In a previous study, irgarol exposure induced expression changes of digestion
related genes and chitinase genes [17]. Thus, VTG gene expression was affected by environmental
chemical pollutants such as BPA, DEHP, and irgarol. After EDC exposures, the expression pattern
of the M. japonicus VTG gene was correlated with short-term EDC exposure in the hepatopancreas
(p = 0.791) and long-term EDC exposure in ovary tissue (p = 0.927).

In conclusion, our results demonstrate that M. japonicus is sensitive to several chemical pollutants,
as measured by changes of the VTG gene expression in the hepatopancreas and ovaries. The results
suggest that the molecular balance of VTG expression levels of intertidal mud crabs appear to
be affected by EDCs such as BPA, DEHP, and irgarol at even relatively low concentrations of
1 μg L−1. The expression levels of the VTG gene are important factors to be considered for evaluating
xenoestrogenic responses. The change of the VTG responses are related with disturbed processes of
reproductive physiology such as egg yolk generation in M. japonicus, because of the up-regulation of
VTG expression in the ovaries after EDC exposures. The crab hepatopancreas is an organ for VTG
synthesis and storage of energy accumulation, which can support lipid transportation for oogenesis [49].
EDC exposure also impaired the molecular balance of the VTG level through the disturbance of energy
metabolisms in M. japonicus hepatopancreas. Up or down-regulation of VTG gene may result in
sensitive defense activities of M. japonicus crabs to potential EDCs pollutants, given the major function
of VTG in stabilizing the endocrine process and triggering lipid uptake for energy storage during
crustacean embryogenesis. Our findings suggest that M. japonicus VTG may be a useful key to estimate
the endocrine effects of antifoulants such as irgarol, BPA, and DEHP. In further studies, we will need
to demonstrate the effects of one or more combined exposures of these EDCs in VTG protein synthesis.
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ovary exposed to each dose of BPA, DEHP, and irgarol for each exposure period.
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Abstract: The presence of antibiotic residues in seafood and their effect on public health constitute
a matter of concern for consumers worldwide. Antibiotic residues can have adverse effects on both
humans and animals, especially residues of banned veterinary drugs. In this study, we applied
a validated method to analyze veterinary drug residues in shrimp, including the levels of banned
chloramphenicol, malachite green, leucomalachite green, and four nitrofuran metabolites as well as
thiamphenicol, florfenicol, and five quinolones, which have no recommended maximum residual
levels in shrimp tissues in Taiwan. We collected 53 samples of whiteleg, grass, or giant river shrimp
from Taiwanese aquafarms and production areas from July 2016 to December 2017. We found 0.31 ng/g
of a chloramphenicol in one grass shrimp, 5.62 ng/g of enrofloxacin in one whiteleg shrimp, 1.52 ng/g of
flumequine in one whiteleg shrimp, and 1.01 ng/g of flumequine in one giant river shrimp, indicating
that 7.55% of the samples contained veterinary drug residues. We evaluated the health risk by deriving
the estimated daily intake (EDI). The quinolone residue EDI was below 1.0% of the acceptable daily
intake recommended by the United Nations Food and Agriculture Organization and World Health
Organization. The risk was thus discovered to be negligible, indicating no immediate health risk
associated with shrimp consumption. The present findings can serve as a reference regarding food
safety and in monitoring of the veterinary drug residues present in aquatic organisms. Continual
monitoring of residues in shrimp is critical for further assessment of possible effects on human health.

Keywords: veterinary drug; residue; shrimp; mass spectrometry; risk assessment

1. Introduction

Taiwan has a geographic location and environment conducive to aquaculture development.
Aquaculture in Taiwan has a long history of more than three centuries, and it has rapidly expanded,
diversified, intensified, and technologically advanced from 1960 to the 1990s [1]. Despite Taiwan’s
land and water resource limitations, it is one of the major aquaculture producers in the world;
therefore, it was once called the “kingdom of aquaculture” [2]. Until now, over 35 major and candidate
species have been cultured for commercial purposes [3]. The average revenue of Taiwan from
aquaculture reached US $11 billion between 2010 and 2015 [3]. Moreover, the annual aquaculture
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production was approximately 300,000 t during the 2010s. Specifically, shrimp culture production has
been notable because Taiwan’s government has strongly supported aquaculture since the 1980s [4],
in particular, aquaculture of shrimp—including whiteleg shrimp (Litopenaeus vannamei), grass shrimp
(Penaeus monodon), giant river shrimp (Macrobrachium rosenbergii), sand shrimp (Metapenaeus ensis),
and kuruma shrimp (Penaeus japonicus). Moreover, the average revenue from the shrimp aquaculture
industry reached US $3000 million between 2010 and 2016.

Intensive and large-scale breeding is preferred by aquaculture farmers in Taiwan because the
farmers are limited to land use [5]. Moreover, their farms are generally situated near residential
and agricultural areas, which makes biological control difficult [6]. The cultured species became
more susceptible to bacterial, viral, parasitical, and fungal infections, necessitating the use of various
veterinary drugs for the prevention and treatment of these infections. However, when such drugs
are heavily employed in aquaculture, aquaculture products may contain drug residues, potentially
exposing the consumers of the products to these residues. This has an inadvertent ecological impact and
raises health concerns such as increased risk of allergies, carcinogen exposure, and the development
of bacteria resistant to antibiotics [5]. Because of their benthic feeding behavior, shrimp can be used
to indicate the levels of chemicals in aquatic environments [7]. Analyzing the amounts of pollutants
in shrimp indicates the environmental levels of veterinary drugs and the extent to which drugs are
transferred through the trophic chain.

In Taiwan, shrimp are the crustaceans cultured most extensively in land-based ponds [3], and in
the inner regions of the island, shrimp are generally bred in a mix with other aquatic products. Typically,
veterinary drugs are used to prevent or treat diseases in nonshrimp targets, which pollutes water
and soil environments while contaminating shrimp. In this regard, shrimp products have played
a crucial role in seafood safety. Residues of veterinary drugs in shrimp are a crucial concern regarding
public health, especially when the residues are of banned chemicals that have been employed illegally.
Therefore, in this study, we detected in shrimp samples the levels of the following banned veterinary
compounds in Taiwan: leucomalachite green (LMG), malachite green (MG), nitrofuran metabolites,
and chloramphenicol. These compounds’ maximum residue limits (MRLs) in shrimp have not been
established by the Taiwan Food and Drug Administration (TFDA). In addition, we detected florfenicol,
thiamphenicol, and quinolone residues, including danofloxacin, difloxacin, enrofloxacin, flumequine,
and sarafloxacin, in shrimp. The TFDA defined the MRL levels of these quinolones in livestock
and chicken in 2018; however, the use of these compounds in the cultivation of shrimp is banned.
The present study’s detection of the residues of these compounds in shrimp thus indicates the degree
of legal compliance regarding the use of these products. In addition, the seafood-consumption-based
estimated daily intake (EDI) of these contaminants was determined to identify the effects of exposure
to these veterinary drugs on the health of the Taiwanese public. Results were applied for assessing
the risk of exposure to veterinary drugs among consumers in Taiwan. The findings of this study are
useful when conducting evaluations of seafood safety and may be used as a reference among health
authorities for establishing regulations.

2. Materials and Methods

2.1. Samples

Shrimp samples were obtained between July 2016 and December 2017 from aquafarms in the
principal production areas (Yunlin, Chiayi, Tainan, Kaohsiung, and Pingtung). In total, 53 samples
(23 whiteleg, 16 grass, and 14 giant river shrimps) were collected. These shrimps are bred on a large
scale in Taiwan [3]. We removed, homogenized, and stored the soft tissues of all shrimp samples at
−20 ◦C until they were analyzed.
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2.2. Chemicals and Reagents

Analytical compounds included veterinary drugs, namely chloramphenicol (98.6%), thiamphenicol
(98.5%), florfenicol (98%), MG (98.0%), and LMG (99.0%), purchased from Dr. Ehrenstorfer GmbH
(Ausburg, Germany). Nitrofuran metabolites, namely 5-methylmorpholino-3-amino-2-oxazolidinone
(AMOZ, 99.9%), 3-amino-2-oxazolidinone (AOZ, 99.7%), and 1-aminohydantoin hydrochloride (99.9%),
were obtained from Sigma-Aldrich (St. Louis, MO, USA). Semicarbazide hydrochloride (99.5%) was
obtained from Chem Service Inc. (West Chester, PA, USA). Danofloxacin (98.0%), difloxacin (98.0%),
enrofloxacin (98.0%), flumequine (98.0%), and sarafloxacin (95.0%) were obtained from Sigma-Aldrich.
In addition, stable isotopically labeled internal standards, AMOZ-D5 (99.0%) and AOZ-D4 (99.0%),
were purchased from Dr. Ehrenstorfer GmbH. Other internal standards, namely SC-13C15N2 (99%),
MG-D5 picrate (99.9%), and LMG-D5 (99.8%), were purchased from Sigma-Aldrich.

Chromatography-grade acetonitrile (ACN), acetone, ammonium acetate, dipotassium phosphate,
ethyl acetate (EtOAc), formic acid (FA), hydrochloric acid (HCl), methanol (MeOH), n-hexane, and
sodium hydroxide (NaOH) were purchased from Merck (Darmstadt, Germany). Reagent-grade
2-nitrobenzaldehyde (2-NBA), sodium chloride (NaCl), and N,N,N′,N′-tetramethyl-1,4-phenylenediamine
dihydrochloride (TMPD) were purchased from Sigma-Aldrich.

2.3. Instruments and Apparatus

A vortex mixer (type 37600 mixer, Barnstead/Thermolyne, Dubuque, IA, USA), a centrifuge
(Allegra X-22R, Beckman Coulter, Fullerton, CA, USA), a nitrogen evaporator (N-Evap-111,
Organomation Associates Inc., Berlin, Germany), and a nitrogen generator (Model 05B, System
Instruments Co., Tokyo, Japan) were used to prepare samples. The liquid chromatography–tandem
mass spectrometry (LC/MS–MS) apparatus comprised an LC system (Agilent Technologies 1200,
Agilent Technologies, Palo Alto, CA, USA) and a mass spectrometer (ABI 4000 QTRAP, Applied
Biosystems, Foster City, CA, USA). To determine the levels of residues of chloramphenicol classes,
nitrofuran metabolites, and quinolone classes in samples, chromatographic separation was performed in
an analytical column (Chromolith Performance RP-18e, 100 mm × 3 mm, Merck, Darmstadt, Germany)
and a guard column (Chromolith Guard Column RP-18e, 5 mm × 4.6 mm, Merck). In addition, MG and
LMG were separated using a Purospher STAR RP-18 endcapped analytical column (100 mm × 2.1 mm
× 2 μm, Merck) and Purospher Star RP-18 endcapped guard column (4 mm × 4 mm × 5 μm, Merck).

2.4. Analysis of LC/MS–MS Conditions

An injection volume of 10 μL was used for determining the levels of chloramphenicol classes, MG,
LMG, and quinolone classes and 20 μL for nitrofuran metabolites. Chloramphenicol, thiamphenicol,
and florfenicol levels were analyzed through gradient elution by using the A1 eluent (0.1% MeOH)
and B1 eluent (100% MeOH). A mobile phase gradient was started at 40% B1 for 1 min at a flow
rate of 0.5 mL/min, linearly increased to 90% B1 at 4 min, and subsequently maintained constant
until 6 min. Thereafter, it was changed to 40% B1 after 6.1 min and maintained constant until 9 min.
Danofloxacin, difloxacin, enrofloxacin, flumequine, and sarafloxacin levels were analyzed through
gradient elution by using the A2 eluent (0.1% FA) and B2 eluent (100% MeOH). A mobile phase
gradient was started at 10% B1 for 1 min at a flow rate of 0.5 mL/min, linearly increased to 95% B1 at
4 min, and subsequently maintained constant until 8 min. Thereafter, it was changed to 10% B1 after
8.1 min and maintained constant until 9 min. The A3 eluent (0.005 M ammonium acetate in 0.1% FA)
and B2 eluent (0.005 M ammonium acetate in MeOH) were used as the mobile phase for nitrofuran
metabolite analysis. The mobile phase gradient was started with 30% B2 at a flow rate of 0.3 mL/min,
increased linearly to 95% B2 in 4 min, further maintained until 6 min, subsequently changed to 30% B2
after 7 min, and maintained constant until 10 min. The A4 eluent (0.1% FA) and B4 eluent (MeOH) were
used as the mobile phase for MG and LMG analyses, respectively. These dyes were separated following
the gradient program. The mobile phase gradient was started with 10% B4 for 1 min at a flow rate
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of 0.5 mL/min, increased from 10% to 95% B4 in 4 min, and maintained constant until 8 min. Finally,
B4 was changed to 10% after 8.1 min and maintained constant until 11 min. The MS source conditions
in ABI 4000 QTRAP were as follows: ion spray voltage of 4.5–5.5 kV, curtain gas of 15 psi, nebulizer
gas of 50 psi, auxiliary gas of 60 psi, and source temperature of 50 ◦C. MS/MS experiments were
conducted in multiple reaction monitoring modes (MRMs) for simultaneous detection of all targets,
with two precursor-to-product ion transitions monitored for each analyte. The mass spectrometer was
set to detect negative and positive ESI interface modes for chloramphenicol and other veterinary drugs,
respectively. Supplementary Table S1 lists the retention times and the precursor and corresponding
product ions obtained through MRM detection in LC-amenable veterinary analytes. The dwell time
for each MRM transition was set at 5 ms. Analyst software (version 1.4, Applied Biosystems, Foster
City, CA, USA) was used for instrument control and data acquisition.

2.5. Preparing the Standard Solutions

In volumetric flasks, stock solutions were prepared that contained pesticide standards or individual
veterinary drugs by dissolving each analyte (100 mg) in 100 mL of—depending on the solubility of the
analytes—ACN, acetone, or MeOH. All types of stock solution were combined and diluted to 1 mg/L
to obtain a working standard mixture. We stored all solutions at −20 ◦C, and before use, a solution was
allowed to adjust to room temperature. With these working standard solutions, serial dilution was
performed to prepare a series of calibration standards (dilution range 0.5–500 ng/mL).

2.6. Extraction Procedure and Analysis

To detect residues of chloramphenicol classes, MG, LMG, and quinolone classes, we extracted and
cleaned each shrimp sample by using a modification of the veterinary drug residue analysis technique
reported by Chang et al. [5] and Smith et al. [8] for aquatic products. Briefly, 2 g of sample was weighed
in a propylene centrifuge tube (volume 50 mL) and transferred to a homogenizer containing 100 μL of
internal standards (100 ng/mL), 50 μL of TMPD, and 10 mL of ACN. Then, we added 5 mL of n-hexane
saturated with CAN to the homogenate, which was shaken in a vortex mixer for 5 min, followed by
centrifugation at 4500 rpm for 10 min. We aspirated and subsequently discarded the hexane layer.
The ACN extraction layer was collected and dried at 40 ◦C in a nitrogen evaporator. We re-extracted
the remaining tissue pellets using 10 mL of ACN and 5 mL of ACN-saturated n-hexane and then
centrifuged them. The first extract was combined with the ACN layer. Subsequently, we evaporated the
combined extracts to dryness at 0.5 mL. An additional 0.5 mL of ultrapure water was added, after which
the vortex was mixed and then sonicated for 1 min. The reconstituted extracts underwent centrifugation
at 4500 rpm for 5 min. Finally, a 0.2 μm polyvinylidene fluoride filter (Whatman, Maidstone, UK) was
employed to filter the supernatant layer, and the filtrate was transferred to an autosampler vial prior to
being injected into the chromatographic system.

Nitrofuran metabolite extraction from samples was performed through the execution of
a TFDA-procedure-based method [9]. Briefly, in a centrifuge tube measuring 50 mL in volume,
we fortified 2 g of a sample with 100 μL of internal standards (100 ng/mL), followed by sequentially
adding 0.125 M HCl (9 mL) and 50 mM 2-NBA in MeOH (400 μL). Samples were vortex mixed
(1 min), followed by overnight incubation (16 h, 37 ◦C) with gentle shaking in a water bath. In order
to neutralize the samples, we added 0.8 M NaOH (1 mL) and 0.1 M dipotassium phosphate buffer
(1 mL), and we adjusted the reaction mixture to pH 7.1–7.5. The mixture underwent 1 min of vigorous
vortex mixing and was then centrifuged at 3500 rpm for 5 min. After the collection of the supernatant,
the remaining tissue pellet was re-extracted using ultrapure water (3 mL), as described earlier in the
text, and centrifuged again. The combined extracts were re-extracted using 0.5 g of NaCl and 12 mL of
EtOAc with vortex shaking of the samples for 1 min. The reconstituted extracts were again centrifuged
for 5 min at 3500 rpm. The solvent was evaporated at 40 ◦C in a nitrogen evaporator. We reconstituted
the resultant dry extract in 1 mL of 50% MeOH, after which it was vortex mixed for 1 min. Subsequently,
1 mL of n-hexane was added to the extracts, which then underwent centrifugation again, as described
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earlier. The lower layer was collected and filtered (0.2 μm filter membrane). The filtrate was placed in
an autosampler vial prior to analysis.

2.7. Assurance and Validation of Quality

We validated the proposed method by calculating the recovery, linearity range, repeatability, and
limits of quantification (LOQs) [10,11]. For determining the recovery and repeatability, we spiked
blank samples in triplicate by using the following standard mixture of analytes at two concentrations
(low and high levels): 1 and 5 ng/g for determination of chloramphenicol classes, dyes, and nitrofuran
metabolites; and 5 and 25 ng/g for determination of quinolone classes. Extraction and treatment of
the samples followed a previously reported protocol [2,8,9]. The aforementioned recovery validation
method was employed to determine the method’s repeatability, which was calculated as the percentage
of the relative standard deviation (RSD%). The recovery and repeatability (expressed as the percentage
of relative standard deviation) of veterinary drugs ranged from 88.67% to 92.35% (repeatability
range: 3.79–9.67%) for chloramphenicol classes, 75.21% to 103.31% (repeatability range: 6.72–14.58%)
for quinolone classes, 98.81% to 100.31% (repeatability range: 3.58–8.13%) for MG and LMG, and
99.29% to 100.52% (repeatability range: 0.98–5.58%) for nitrofuran metabolites in shrimp samples
(Supplementary Table S2). Matrix-matched calibration executed through the use of blank sample
extracts and addition of the corresponding amount of working solution (with target compounds at
a concentration of 0.5–500 ng/mL) was performed to evaluate the linearity. The calibration curves
obtained had high linearity and reproducibility, with the analytical matrix-matched calibration
achieving favorable correlation coefficients (R2 > 0.990). The LOQs were defined as being the
concentrations of analyte that yielded peak signals 3× and 10× the intensity of background noise
from the chromatogram. The florfenicol, thiamphenicol, chloramphenicol, LMG, MG, and nitrofuran
metabolite LOQ was 0.25 ng/mL in shrimp samples. Compared with these chemicals, the LOQ of
other veterinary drugs, including danofloxacin, difloxacin, enrofloxacin, flumequine, and sarafloxacin,
was 1 ng/g (Supplementary Table S2); concentrations lower than these LOQs indicated that the
chemicals and drugs were considered undetectable.

2.8. EDI

To assess the degree to which people are exposed to veterinary drug residues in shrimp, we
estimated the EDI from the residual veterinary drug concentrations. The acceptable daily intakes
(ADIs) established by the World Health Organization (WHO) and Food and Agriculture Organization
of the United Nations (FAO) were employed as points of comparison. The following equation was
used to calculate the EDI: EDI (ng/kg/day) = (daily fish consumption [g/day]) × (mean veterinary
drug concentration [ng/g])/(human body weight [kg]) [6]. Data regarding Taiwanese citizens’ daily
seafood consumption (96.9 g for men and 74.2 g for women) were collected from the National
Nutrition and Health Survey conducted by the Ministry of Health and Welfare [12]. We considered the
mean Taiwanese body weight to be 60 kg [12]. We determined the maximal EDI from the maximum
residue concentrations.

3. Results

3.1. Detection Rates and Levels of Veterinary Drugs in Shrimp Samples

In total, 23 whiteleg, 16 grass, and 14 giant river shrimp samples were collected. Chloramphenicol
was detected in one grass shrimp, enrofloxacin in one whiteleg shrimp, and flumequine in one whiteleg
shrimp and one giant river shrimp (Table 1). These detected veterinary drugs are prohibited by the
TFDA for use in shrimp. In all shrimp samples, the predominant residue was flumequine at 3.77%
(2/53), followed by chloramphenicol at 1.89% (1/53) and enrofloxacin at 1.89% (1/53). Veterinary drugs
were detected in 8.70% (2/23), 6.25% (1/16), and 7.14% (1/14) of the whiteleg, grass, and giant river
shrimp samples, respectively. The levels of chloramphenicol and enrofloxacin were 0.29 and 5.62 ng/g
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in one grass and whiteleg shrimp, respectively. Moreover, flumequine (1.01–1.52 ng/g) was detected
in two shrimp samples, namely in one whiteleg and one giant river shrimp. The concentrations of
chloramphenicol, enrofloxacin, and flumequine (derived from all samples, including samples with
detected and undetected concentrations) were 0.01, 0.11, and 0.05 ng/g, respectively. Overall, 7.55%
(4/53) of all shrimp samples contained detectable veterinary drug residues, which indicated the positive
ratio of banned residual drugs.

Table 1. Detection levels of banned veterinary drugs in various shrimp samples collected between July
2016 and December 2017.

Shrimp
Surveyed
Samples

Violated Targets
(No.)

Detected
Residues (ng/g)

Average 1

(ng/g, Residues)
Violated

Ration 2 (%)

Whiteleg shrimp 23
enrofloxacin (1) 5.62 0.24 (enrofloxacin) 3.77 (2/53)
flumequine (1) 1.52 0.07 (flumequine)

Grass shrimp 16 chloramphenicol (1) 0.31 0.02 (chloramphenicol) 1.89 (1/53)
Giant river shrimp 14 flumequine (1) 1.01 0.07 (flumequine) 1.89 (1/53)

Total
53 chloramphenicol (1) 0.31 0.01

7.55 (4/53)53 enrofloxacin (1) 5.62 0.11
53 Flumequine (2) 1.01–1.52 0.05

1 Estimated from all samples, including samples with detected and undetected concentrations. 2 Samples with
residual concentrations lower than the LOQ were considered to have undetectable concentrations.

3.2. EDIs of Taiwanese Adults for Veterinary Drug Residues in Shrimp Samples

The Joint FAO/WHO Expert Committee on Food Additives (JECFA) determined the
inappropriateness of establishing a chloramphenicol ADI [13]. Therefore, we did not estimate the EDI
of chloramphenicol residues in shrimp samples. The EDIs calculated from the average enrofloxacin
and flumequine levels were, respectively, 0.14 and 0.06 ng/kg body weight/day for women and 0.18
and 0.08 ng/kg body weight/day for men (Table 2). Regarding the veterinary drug residues in food,
the ADIs stipulated by the JECFA’s Joint Meeting of the FAO/WHO for enrofloxacin and flumequine are
0.002 and 0.03 mg/kg, respectively [14,15]. As detailed in Table 2, the obtained EDIs were considerably
lower than the enrofloxacin and flumequine ADIs recommended by the FAO/WHO. For enrofloxacin
and flumequine, the EDIs expressed as a percentage of the ADIs were, respectively, 0.01% and 0.0003%
for men and 0.01% and 0.0002% for women. Overall, consumption of shrimp lead to a low risk of
dieldrin exposure, with the ADIs lower than 1.0% for men and women.

Table 2. Estimated dietary intake of quinolone residues in Taiwanese adults.

OCPs

EDI
(ng/kg Body Weight/Day)

EDI% of ADI ADI (FAO/WHO)
(mg/kg Body Weight/Day)

Male Female Male Female

Enrofloxacin 0.18 0.14 0.01 0.01 0.002
Flumequine 0.08 0.06 0.0003 0.002 0.03

4. Discussion

In the present study, 14 residual veterinary drugs, namely three chloramphenicol classes
(chloramphenicol, florfenicol, and thiamphenicol), five quinolone classes (danofloxacin, difloxacin,
enrofloxacin, flumequine, and sarafloxacin), MG, LMG, and four nitrofuran metabolites (AMOZ, AOZ,
AH, and SC), were analyzed in 52 shrimp samples collected from aquaculture areas in Taiwan.
To validate the presence of these compounds in samples, we evaluated the mean recovery (as a measure
of trueness), linearity, sensitivity, and repeatability (as a measure of precision) according to EU
guidelines (SANCO/12495/2011) [10]. Because chloramphenicol, nitrofuran metabolites, MG, and LMG
are banned from use in edible animals and danofloxacin, difloxacin, enrofloxacin, flumequine, and
sarafloxacin are banned from use in decapods, the TFDA does not recommend MRLs in shrimp.
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Therefore, the residues of these banned compounds in shrimp were detected and sufficiently indicated
the degree of legal compliance regarding the use of these products.

The Commission Decision 2002/657/EC criteria for evaluation of veterinary drug residues in
animals and animal products are stipulated on the basis of mass spectrometry at numerous identification
points (IPs) [16]. Source conditions were optimized to obtain 1.5 IP from product ions and one IP from
precursor ions for each compound. In general, obtaining four IPs at the lowest level is required for
analyzing banned compounds. In the present study, veterinary drugs were analyzed in the MRM
mode by monitoring three different ions (one precursor and two fragment ions). Using this approach,
we achieved four IPs (one IP from a single precursor ion and three IPs from two fragment ions),
as mandated by the aforementioned guidelines. Our analysis method successfully identified the
residues of MG, LMG, chloramphenicol classes, quinolone classes, and nitrofuran metabolites.

The analytical extraction method for aquatic samples was designed by Smith et al. [8]. In this
method, ACN and hexane are used to extract samples for simultaneously screening multiple classes
of drug residues, including macrolides, β-lactam antibiotics, dyes, quinolones, tetracyclines, and
antimycotic imidazoles. Moreover, other extraction methods have been reported for analyzing
chloramphenicol [17], MG, and LMG [18]. In addition, we applied this method for the extraction
of chloramphenicol, MG, and LMG residues in bivalve samples [5]. The method used herein was
developed for the simultaneous detection of chloramphenicol classes, quinone classes, MG, and LMG
in shrimp samples. This is the most efficient and energy-conservative method for veterinary drug
extraction. However, the same method could not be employed to analyze the nitrofuran metabolite
residues in aquatic samples; because of their chemical structural characteristics, nitrofuran metabolites
in food samples were extracted using 2-NBA for derivatization [19].

To validate the shrimp sample analysis method, as recommended by the TFDA [11], the acceptable
recovery rate had to be 70–120% with RSD < 15% for chemical residues in food matrixes detected in the
0.1–1 mg/kg range; 70–120% with RSD < 20% for those detected in the 0.01–0.1 mg/kg range; 60%–125%
with RSD < 30% for those detected in the 0.001–0.01 mg/kg range; and 50–125% with RSD < 35% for
those detected within ≤0.001 mg/kg. According to our results, veterinary drug residues detected within
≤0.001 mg/kg and 0.001–0.01 mg/kg ranges demonstrated a recovery rate of 80–120% with an RSD of
<10% and a recovery rate of 70–120% with an RSD of <15%, respectively. The TFDA also recommends
various LOQs, including 0.3 ng/g in chloramphenicol; 5 ng/g in florfenicol and thiamphenicol; 10 ng/g
in quinolone classes; 0.5 ng/g in MG and LMG; and 1 ng/g in nitrofuran metabolites, for aquatic food for
the assessment of veterinary drug residues in seafoods [20]. Compared with the LOQs recommended
by the TFDA, the LOQs obtained using our analytical method were lower and can be employed to
detect trace veterinary drug residues. Therefore, the analytical methods employed herein conform to
the recommendations of the TFDA.

The regulations entitled Tolerances for Residues of Veterinary Drugs in Food, established by the
Ministry of Health and Welfare of Taiwan, state that nitrofuran metabolites, chloramphenicol, MG,
and LMG are banned from use in shrimp culturing because of concerns that pertain to mutagenicity
and carcinogenicity [5]. In addition, food-producing animals and products containing these chemicals
exported by third-world countries are prohibited in Japan and the European Union, the major importers
of Taiwanese marine products. Based on methodologies available for detecting banned compounds
in edible products, the Department of Health of Taiwan [21] and EU Commission [22] have both
established a maximum residual permissible limit (MRPL) of 1 ng/g for each nitrofuran metabolite
in aquaculture, marine, and poultry meat products. Furthermore, the EU Commission stipulates
an MRPL of 0.3 ng/g for chloramphenicol and 2 ng/g for MG plus LMG [16] in all food products of
animal origin to ensure that customers worldwide are given the same level of protection. According
to the aforementioned guidelines, the LOQs of our methods executed for identifying the levels of
chloramphenicol, dye, and nitrofuran metabolite residues in shrimp meet the MRPL.

The chromatography–mass spectrometry screening of carcinogenic antimicrobials—such as
nitrofuran metabolites, chloramphenicol, MG, and LMG—in 53 shrimp samples demonstrated a positive
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result, with the chloramphenicol concentration being greater than the MRPL of chloramphenicol
set by the EU Commission (0.31 ng/g in a grass shrimp sample). Administering chloramphenicol
to food-producing animals is banned in Taiwan. Some aquaculture farmers use chloramphenicol
regardless, however, because it is a broad-spectrum, inexpensive, and readily available antibiotic [23].
Mixed breeding has caused chloramphenicol to be employed for the prevention as well as treatment of
infectious diseases in shrimp. In the present study, the proportion of positive identification of banned
veterinary drugs was 1.89% (1/53). In the analysis of cultured shrimp in Bangladesh, the detection of
chloramphenicol and nitrofuran metabolite residues revealed a violation ratio of 8.37% (118/1409) in
2008, 8.16% (182/2230) in 2009, and 5.81% (122/2098) in 2009 [24]. In addition, in the Canadian Total
Diet Study from 1994 to 2004, the detection of MG, LMG, and nitrofuran metabolite residues revealed
a violation ratio of 20.0% (6/30) [25]. In Ireland, exposure to nitrofuran residues was assessed from 2009
to 2010, which revealed a violation ratio of 5.68% (5/88) in the detection of SEM residues [26]. However,
in the aforementioned reports, only two classes of nitrofuran metabolites and chloramphenicol or three
classes of MG, LMG, and nitrofuran metabolites were detected. Our present findings differ from those
of TFDA surveys. In reports in recent years, the violation ratio of banned veterinary drug residues in
shrimp samples was 0% in 2013 (0/20) [27] and 0% in 2014 (0/20) [28]. These differences are partially
accounted for by varying sample sizes. In addition, the samples collected in this study were obtained
from shrimp production areas in Taiwan, whereas the samples collected by the TFDA may have been
imported shrimp. Therefore, several categories of banned veterinary drugs in Taiwanese shrimp were
appropriately detected in the present study.

In the present investigation, quinolone residues (3/53) were detected with a higher violation ratio
than chloramphenicol (1/53) in aquaculture shrimp. Our study revealed that quinolones were the
predominant compounds in the aquacultured shrimp samples in Taiwan, which was similar to the
results of a survey conducted in China [29], Vietnam [30,31], and Thailand [31] following intensive use
in aquaculture to treat bacterial infections, which polluted aquatic habitats and had adverse effects
on the health of freshwater organisms. Quinolones were detected in 8.70% (2/23) and 7.14% (1/14)
of whiteleg and giant river shrimp samples, respectively. In all shrimp samples, the predominant
residue was flumequine at 3.77% (2/53), followed by enrofloxacin at 1.89% (1/53). The results of the
present study are similar to those of the survey conducted by the TFDA. Compared with a report of
the TFDA in 2012, the violation ratio of quinolone residues in shrimp samples was 4.0% in 25 samples,
which was positive with flumequine at 21.0 ng/g in one shrimp sample [32]. From the data available,
we concluded that flumequine continues to be used as a growth promoter and prophylactic agent
in aquatic products because of its affordability and effectiveness. Other surveys in Asia [31,33] have
reported that flumequine has been the most widely used synthetic antibiotic in aquaculture, especially
because of its relative stability to resist bacterial degradation in water and sediments. In addition,
flumequine residues were detected in trace amounts; only a concentration of 1.01–1.52 ng/g or higher
triggers action by the TFDA (withdrawal of the product and issuance of an alert). The results of
the surveys reviewed herein indicate that the Taiwanese population is exposed to trace amounts
of flumequine that do not pose an immediate risk to health through the consumption of shrimp.
Therefore, Taiwan’s regulatory authorities and producers should continually monitor aquatic products
and prevent sources of contamination, ensuring the chemical safety of commercially available foods.

Parameter guidelines indicate how the risk to organisms such as humans can be assessed by
stipulating criteria related to the ADI, hazard quotients, provisional tolerable weekly intake, and excess
cancer risk [6,34,35]. Guidelines for the ADI, such as those formulated by the FAO and WHO,
facilitate the assessment of risks to organisms, including humans [6]. The ADI is a single value,
however, and eating habit and consumption rate differences are not considered in its calculation [36,37].
The JECFA [38] and US EPA [39] have proposed a new and highly accurate measure for the estimation
of chronic dietary intake: the EDI. In this study, we concluded that the ADI was not exceeded by
the corresponding daily exposure. Because few residual quinolones were discovered, the estimated
EDI revealed that consumption of the investigated shrimp would result in considerably less dietary
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intake of enrofloxacin and flumequine in the Taiwanese population than that stipulated by the ADI.
Furthermore, when assessed against the ADIs, the EDIs calculated in this study indicated no risk to
health due to shrimp consumption. The EDIs were lower than 1% of the ADIs in this study, indicating
negligible risk [6,38]. Thus, the levels of quinolone in Taiwanese food products can be concluded to not
negatively affect health. Because of the potentially adverse effects of antibiotics on health and aquatic
environments, the impact of these pollutants must be urgently evaluated further.

5. Conclusions

In the present study, we analyzed the residues of chloramphenicol, florfenicol, thiamphenicol, MG,
LMG, nitrofuran metabolites, danofloxacin, difloxacin, enrofloxacin, flumequine, and sarafloxacinthe
in shrimp samples; methods used were validated according to the EU criteria and complied with the
MRPLs established by the EU and TFDA. The residues of banned veterinary drugs chloramphenicol
and quinolone, with no MRL recommended, were detected in 53 shrimp samples. We observed that one
shrimp sample contained chloramphenicol, one shrimp sample contained enrofloxacin, and two shrimp
samples contained flumequine. Notably, only trace amounts of all residues were discovered, indicating
no immediate risk to health because the EDIs were considerably lower than the FAO/WHO-defined ADIs.
Enrofloxacin and flumequine contamination following shrimp consumption in Taiwan appears to
present a negligible threat to human health. However, the concern regarding pharmaceuticals and their
adverse effects on the environment and human health is increasing, and a background information
system on the consumption of veterinary antibiotics through shrimp must be established and improved,
thus providing a monitoring and management framework. The health and agricultural authorities
can use the present study findings as a valuable reference when improving contaminant regulation
in aquaculture.

Supplementary Materials: The following are available online at http://www.mdpi.com/2076-3417/9/12/2463/s1,
Supplementary Table S1: Retention time and MS/MS fragmentation conditions for veterinary drugs and their
corresponding internal standards, Supplementary Table S2: Recovery, repeatability, and LOQ of veterinary drugs
spiked into whiteleg shrimp.
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Abstract: We surveyed the variation in perfluorinated compound (PFC) concentrations entering
urban wastewater treatment plants and then designed an optimal PFCs treatment method based on
a pilot test. The PFCs influent concentration was found to be affected by the types of industries and
operating rate. The concentration of PFCs in the wastewater treatment effluent was slightly lower
than that of the influent. Thus, PFCs had not been adequately removed by the existing biological
treatments. The pilot test results showed that about 10% of PFCs was removed by coagulation and
precipitation, and the ozone and chlorine test showed that few, if any, PFCs were removed regardless
of the oxidant dose. The activated carbon adsorption test showed that the removal significantly
increased with empty bed contact time, with about a 60% removal in five minutes and over 90%
removal in over 15 minutes. Therefore, a more stable and higher PFCs removal would result from
continuous oxidation processes, such as ozone and adsorption processes involving activated carbon,
rather than a single biological treatment.

Keywords: perfluorinated compounds; coagulation; ozone; chlorination; activated carbon

1. Introduction

Perfluorinated compounds (PFCs) do not easily degrade biologically in the natural environment
due to their extremely stable covalent bonds. Artificially synthesized and produced, PFCs are used
in manufacturing various household goods and are detected consistently in water [1]. There has
been much research interest in PFCs as they have been reported to affect the natural water system,
causing disturbances to the ecosystem [1,2]. Since the mid-2000s, the European Union (EU), Canada,
and the USA, among others, have started regulating PFCs. At the fourth Stockholm Treaty Conference of
the Parties in May 2009, it was agreed that some of these PFCs would be included in the target compounds
of the treaty [3–5]. The most well-known PFCs are used in industry and broader daily life for waterproof
materials, lubricants, paint, ink, paper, fiber, carpet, ovens, cooking equipment, electronic products,
packaging materials, metal coating, cleaning products, semi-conductors, and firefighting products [2].
However, since many household products use PFCs as additives, it is difficult to calculate their amount
of usage and the amounts released into the environment. Whereas the residual concentration of PFCs
in the environment is small, at the ng/L (ppt) level or below, the effects on the ecosystem cannot be
disregarded if the ecosystem then is exposed long-term to PFCs [6–8].

The pathways of PFCs to the environment are numerous; most of them enter via wastewater
treatment plants. However, little has been known about the mechanisms through which these
persistenct and toxic PFCs are removed. Therefore, it is difficult to improve the removal of the small
amount of PFCs with existing wastewater treatment methods [9,10].
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In this study, we aimed to investigate PFCs concentration in the influent and effluent of an actual
wastewater treatment plant, which is the source of perfluorocarbons in large industrial complexes
and highly populated areas. The distribution properties of PFCs were investigated from the influent
wastewater treatment plant and an optimal treatment plan was designed through a pilot test, which may
eventually serve as data for future surface water management plans.

2. Research Content and Method

2.1. Current Status of Wastewater Treatment Plants

2.1.1. Survey Area

The major business types in the survey area are fabric manufacturing, metal, coating, and rubber,
and the fabric manufacturers produce the largest amounts of PFCs emissions [9]. The public wastewater
treatment plant implements the anaerobic-anoxic-oxic (A2/O) method, and the reaction tank consists
of an anaerobic tank, an anoxic tank, and an aerobic tank, as well as internal and external returners.
The treatment efficiency for organic compounds like BOD and SS is over 90%, that for TN is between
40% and 70%, and that for TP is 60%. Figure 1 shows the process flowchart of the wastewater treatment
plants in city K.

Figure 1. The process flowchart of the wastewater treatment plants in city K.

2.1.2. Analysis of PFCs

The PFCs analysis was conducted on five compounds: perfluorooctanoic acid (PFOA),
perfluoro-n-pentanoic acid (PFPeA), perfluorohexane sulfonate (PFHxS), perfluorohexanoic acid
(PFHxA), and perfluorononanoic acid (PFNA). The pre-treatment and analysis conditions are provided
in Table 1. The pre-treatment for the analysis of PFCs involves the use of solid-phase extraction (SPE) to
complete a four-stage solid phase extraction, and the conditioning stage uses methanol as the solvent.
The loading and washing stages used 10.0 mL of de-ionized water, and the elution stage used 2.0 mL
of methanol. After the solid phase extraction stage, the concentration stage used 40 ◦C nitrogen gas to
concentrate the PFCs so that their final volume was reduced to 500 μL. After the concentration stage,
an analysis was conducted with LC-MS [11].
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Table 1. Analytical condition of perfluorinated compounds (LC: Liquid chromatography; MS: mass
spectrometer).

Parameter Conditions

LC Waters, ACQUITY, HPLC

MS SCIEX, API-4000, Q-Trap

Column Waters, BEH C18, 2.1 × 50 mm, 1.7μm

Mobile phase A: 10 mM ammonium acetate in water

B: Acetonitrile

Gradient
Time (min)

Solvent B (%)

Flow rate 270 μL/min

Injection volume 5 μL

Column temp. 40 ◦C
Ionization mode Negative

Curtain Gas 40

Collision Gas 8

Ion Spray Voltage −4500 V

2.1.3. Pilot Test

To determine the concentration change by coagulation-sedimentation, we injected the coagulator
using Alum at regular intervals of 10, 20, 30, 40, and 50 mg/L. After fixing the pH to 7, we conducted
rapid spinning (67 rpm) for one minute, slow spinning (31 rpm) for 10 minutes, and then sedimentation
for 30 minutes. The supernatant was then sampled and analyzed. The PFCs removal efficiency by
ozone oxidation was determined during an ozone contact test. The ozone contact test was performed
by determining the ozone dose by potassium iodide titration and injecting the ozone to the water in
the Ozone Demand Flask in rising concentrations of 5, 10, 15, 20, 25, and 30 mg O3/L. The volume of
the Demand Flask was 1.5 L, and after injecting ozone, the Demand Flask was sufficiently shaken for
20 minutes to maximize the ozone contract efficiency before carrying out the analysis. By measuring
the effective chlorine of the hypochlorous acid sodium solution in the inflow water to the treatment
plant, the corresponding chlorine dose was calculated and injected. The injection doses of chlorine
were 5, 10, 15, and 20 mg/L at regular intervals, based on the guidelines for the sewage treatment
facilities. For the activated carbon adsorption of PFCs, we placed clearly washed and dried granular
activated carbon into a column with an internal diameter of 20 mm and length of 350 mm. The influent
wastewater was injected into this column using a controlled volume pump, and the treated sample
was then analyzed. For the test conditions, the empty bed contact time (EBCT) was varied to 5, 10,
and 15 minutes.

3. Results and Discussion

3.1. Variation in Amount of Inflow Water

Figure 2 sows the amount of influent flow to the treatment plant. The daily average influent flow
was 27,335 m3/day, 40,948 m3/day at the highest level, and 19,506 m3/day at the lowest level. Due to
the precipitation in August 2017, the inflow water between the August 13 and 17 was the highest.
The amount of influent flow partially changes due to business operational rates.
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Figure 2. Flow variations of a wastewater treatment plant in city K.

3.2. Monthly PFCs Concentration Change

The average PFOA in the influent was 11.7 ng/L, and that in the effluent was 11.0 ng/L. The PFOA
removal was very low. The average PFHxA in the influent was 11.9 ng/L and that in the effluent was
11.1 ng/L, showing the minimal removal. The average PFNA in the influent was 4.1 ng/L, but that in
the effluent was 2.9 ng/L, showing an average PFNA removal of 27.2%. The average PFPeA in the
influent was 3.2 ng/L and the effluent was 2.7 ng/L, which is 7.8% removal. The average PFHxS in the
influent was 1.0 ng/L, and that in the effluent was 0.8 ng/L.

The concentration distribution of these substances tended to be somewhat higher in the dry winter
season. PFHxS is frequently used as a fire extinguisher material and so its concentration tended to be
higher in the fall and winter when more fires occur. In addition, PFCs are shown to be largely affected
by business operational ratios, and thus, for efficient management, a detailed and continuous emissions
survey would be required in industry-concentrated regions. Finally, whereas some compounds were
removed by the existing treatments, most of the compounds were shown to be poorly treated.

3.3. Correlation of PFCs between Cities

The correlation of PFCs with other cities with similar wastewater characteristics was compared.
As shown in Table 2, correlational coefficients between 0.000 and 0.200 were considered to have no
relation and are marked as xx, whereas those between 0.210 and 0.400 were considered to be low and
are marked as x. A correlational coefficient between 0.410 and 0.600 was considered to have some
relation and is marked as �.

Table 2. Comparison of correlation coefficients of PFCs with other cities with similar populations
and industries (xx: 0-0.2; x: 0.21-0.4; �: 0.41-0.6; PFOA: perfluorooctanoic acid; PFPeA:
perfluoro-n-pentanoic acid; PFHxS: perfluorohexane sulfonate; PFHxA: perfluorohexanoic acid; PFNA:
perfluorononanoic acid).

R2 Other Cities

Compounds PFOA PFHxA PFNA PFPeA PFHxS

PFOA 1 - 0.050 xx 0.013 xx 0.141 xx 0.486 �
PFHxA - - 1 - 0.516 � 0.583 � 0.090 xx

PFNA - - - - 1 - 0.160 xx 0.019 xx

PFPeA - - - - - - 1 - 0.098 xx

PFHxS - - - - - - - - 1 -
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The correlation coefficient between PFOA and PFHxS was 0.486, showing some correlation.
That between PFHxA and PFNA or PFPeA was 0.516 or 0.583, respectively, showing some correlation.
All the other compounds had low or little correlation. The correlation among PFCs showed that PFOA,
PFHxA, and PFNA have the –COOH group, so that were highly correlated with PFCs with the same
reaction group [3]. Ahrens et al. also showed that the correlation coefficient between PFO and PFNA
was highest at 0.752 [12]. However, So et al. reported that whereas PFCs in the –COOH group had
a relatively higher correlation, the correlation coefficient between PFOA and PFNA was low at 0.375 [13].
This occurred because there are various emission sources for PFCs, and the outflow water from the
wastewater treatment plants are known to be key point pollution sources [3]. Therefore, effluent flow
to the water system reflects regional characteristics and determines the correlation of the substances in
actual streams, producing these regional differences [3].

The correlational study among PFCs was significant in determining the concentration level of
PFCs through the concentration of some PFCs among those with high correlation. However, those data
are still lacking in representability; therefore, further research is necessary.

3.4. PFCs Removal Efficiency Through Pilot Test

We conducted a pilot test on the influent to the treatment plant to determine the removal efficiency.
In particular, we examined the changes in the removal by coagulation-sedimentation, ozone oxidization,
chlorine injection, and activated carbon adsorption.

3.4.1. Removal Variation by Coagulation-Sedimentation

As shown in Figure 3, the PFCs in the coagulation-sedimentation test showed a phased
concentration decrease. However, overall, the removal did not increase despite the additional
injection of the coagulator of more than 40–50 mg/L. When 40–50 mg/L of coagulator was injected, the
removal of PFPeA was highest at 12.3%, followed by PFHxS at 11.5%, PFNA at 10.9%, PFHxA at 8.9%,
and PFOA at 6.4%.

Figure 3. Variations in PFCs concentrations with Alum dosages.

The overall removal of PFCs was about 10%, demonstrating that they were somewhat removed
by coagulation-sedimentation treatment. However, the effect was shown to be negligible and that it
would be limited in removing non-degradable PFCs.

3.4.2. Removal Variation by Ozone Oxidation

The ozone contact test results in Figure 4 show that, in all compounds from PFOA to PFHxA,
PFNA, PFPeA, and PFHxS, the removal was 5% or lower. Thus, regardless of the change in the ozone
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dose, the removal was negligible. Previous research showed that the PFOA removal was between 10%
and 20%, but the removal by ozone oxidization was difficult [9].

Figure 4. Variations of PFCs concentration by O3 dosages.

Due to the highly stable structure, PFCs are difficult to remove through existing biochemical or
oxidization processes. We also determined that PFCs removal by ozone oxidization would be difficult.
Therefore, to remove them effectively, other additional treatment methods are required.

3.4.3. Removal Change by Chlorine Injection

As shown in Figure 5, the highest amounts of PFOA were removed, at 9.7% with 20 mg/L of the
injection, which was found to be negligible. The PFHxA removal was 3.33%, which means little to no
removal, and the PFNA removal was 4.6% and its concentration somewhat increased with 10 mg/L of
the injection and then again decreased. The other compounds, PFPeA and PFHxS, showed a removal
of 5% or lower, which was negligible. Previous research result showed little to no effect of the chlorine
injection on the PFCs removal regardless of the oxidant dose [9], which was similar to the results of
this study.

Figure 5. Variations in PFCs concentration with different chlorine dosages.

Since PFCs are stable and non-degradable, the use of a single chlorine disinfection process would
not effectively remove them.
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3.4.4. Removal Variation by Activated Carbon Adsorption

As shown in Figure 6, the PFNA removal at five minutes was 69.55%, which was the highest,
98.55%, at 15 min. The PFPeA removal at five minutes was 36.49%, which rose to the lowest (90.1%) at
15 min. The PFHxS removal at five minutes was 61.8%, which rose to 93.6% at 15 min. PFOA and
PFHxA showed a 64.8% and 42.73% removal at 5 min of EBCT, which increased to 95.43% and 92.12%
at 15 min of EBCT, respectively.

Figure 6. Variations in PFCs concentration by granular activated carbon (GAC) EBCT.

We found that 50% to 60% of PFCs was removed by five minutes of EBCT, and over 90% was
removed after 15 min. PFNA showed the highest removal at 98.5%, and PFPeA showed the lowest at
90.1%. Previous research reported that the longer the length of the carbon ring in PFCs, the greater
the increase in the adsorption force to the activated carbon. When the lengths of the carbon ring are
identical, the adsorption force of the activated carbon to sulfone substituent would be stronger than
that to carboxyl substituent [14]. In this study, the removal of PFNA, which has a large number of
carbons, was highest. For PFHxA and PFHxS in which the number of carbons was identical, more of
PFHxS, which has a sulfone substituent, would be removed.

The activated carbon adsorption test showed relatively higher removal, and since the surface of
the activated carbon is hydrophobic, it is useful for removing hydrophobic PFCs.

3.5. Proposal of an Optimal PFCs Treatment Process

Based on the analysis results of each unit process and the pilot test effluent, we reviewed an
efficient treatment process for removing PFCs and list the PFCs process efficiencies and cumulative
removal efficiencies in Table 3. PFCs are hard to degrade and remove through the existing biological
treatment methods and are thus considered non-degradable [9].
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Table 3. Summary of PFCs applicability by various treatments.

Process

PFCs

PFOA PFHxA PFNA PFPeA PFHxS

Bat *
Conti

**
Bat Conti Bat Conti Bat Conti Bat Conti

Bioreactor X X � � X X � � X X

Coagulation-Sedimentation X � X � � � � � � �
Ozonation X � X � X � X � X �

Activated carbon
treatment

EBCT 5 min � � O O � � O O O �

EBCT 15 min � � � � � � � � � �

Chlorination X � X � X � X � X �

Note: X: removal efficiency <10%, �: removal efficiency 10–40%, O: removal efficiency 40–70%, �: removal efficiency
>70%; *: Batch process; **: Continuous process.

For the activated carbon adsorption, the longer the length of the carbon ring of the PFCs, the more
the adsorption force of the activated carbon increases. If the lengths of the carbon rings are identical,
the adsorption force of the activated carbon is stronger with the sulfone substituent than with the
carboxyl substituent [14] As for the adsorption and removal of PFCs using zeolite, the higher the
Si content in zeolite, the more the PFCs adsorption capacity increases. However, this treatment is
reported to have a smaller adsorption capacity than treatment with activated carbon [15]

Activated carbon adsorption showed a relatively higher PFCs removal than the other
treatments. Therefore, it would be effective for PFCs removal in the wastewater treatment process.
The PFHxS removal in the single ozone process or the single activated carbon process was low,
but improved with the continuous ozone treatment process followed by the activated carbon process.
Accordingly, the implementation of an oxidization process, such as the ozone process followed by an
adsorption process using activated carbon, for example, is considered to be the most desirable process
with a higher chance of removal.

4. Conclusions

We surveyed the PFCs pollution sources, targeting the influent and effluent of wastewater
treatment plants, and conducted a pilot test with influent to review whether PFCs could be removed
using physiochemical methods. This study produced the following results.

(1) The influent/effluent removal of the existing biological treatment process was able to remove
some PFNA, PFPeA, and PFHxS, but most of the other compounds could not be removed through
biological treatment.

(2) The correlational analysis results showed that there was a high correlation in the wastewater
among PFOA, PFHxA, and PFNA, which contain carboxyl groups. The PFCs correlational
research did not produce data that could be representative. Thus, further research is required.

(3) The pilot batch test with the influent to the treatment plant showed that about 10% of PFCs was
removed by an injection of 40 to 50 mg/L of Alum in the coagulation-sedimentation test. For the
pilot continuous test, the removal in the ozone test and chlorine injection test was negligible
regardless of the oxidant dose. The activated carbon adsorption test showed that about 60% to
70% of PFCs was removed after EBCT 5 min, and removing over 90% of PFCs after 15 min EBCT
was found to be possible.

(4) The pilot test results showed that PFHxS removal in single ozone or activated carbon process was
low. However, it improved in the continuous ozone process followed by the activated carbon
process. This demonstrated that ozone oxidization would promote the removal during the next
process. Therefore, the continuous oxidization process, such as the ozone process, followed by an
adsorption process using activated carbon, would be a desirable process enabling high removal.
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Abstract: Pharmaceutical residues, and other organic micropollutants that pass naturally through the
human body into sewage, are in many cases unaffected by treatment processes at conventional
wastewater treatment plants (WWTPs). Accumulated in the environment, however, they can
significantly affect aquatic ecosystems. The present study provides an evaluation of a treatment
system for the removal of pharmaceutical residues and other micropollutants. The system is based
on a Membrane Bioreactor (MBR), including ultrafiltration (UF), followed by a biofilter using
granulated active carbon (GAC) as filter material. It was found that all investigated micropollutants,
such as pharmaceutical residues, phenolic compounds, bacteria and microplastic particles, present
in wastewater, could be removed by the treatment system to below detection limits or very low
concentrations. This shows that the combination of filtration, adsorption and biodegradation provides
a broad and efficient removal of micropollutants and effects. The tested treatment configuration
appears to be one of the most sustainable solutions that meets today’s and future municipal sewage
treatment requirements. The treatment system delivers higher resource utilization and security than
other advanced treatment systems including solely GAC-filters without biology.

Keywords: water quality; Membrane Bioreactor; GAC-biofilter; sewage treatment; micropollutants;
pharmaceutical residues; activated carbon

1. Introduction

Micropollutants (MPs), generally summarizing pharmaceutical residues and other emerging
substances, pass through traditional wastewater treatment plants (WWTPs) and end up in the receiving
waters and sludge. Various studies reported recipient concentrations with expected effects on aquatic
organisms [1–6]. MPs released via WWTPs may also enter the aquatic food web and cause effects in
higher organisms such as fish-eating birds or mammals including humans. Therefore, an increasing
demand for supplementary treatment at today’s WWTPs for the efficient removal of micropollutants
has become obvious.

As current WWTPs are usually unable to remove micropollutants, a number of various treatment
technologies have been proposed and evaluated through several large projects, such as those
in References [7–9] and the Swedish MistraPharma. Technologies tested include, among others,
membrane separation (reverse osmosis, nanofiltration, ultrafiltration), advanced oxidation processes
(ozonation, UV-light in combinations with hydrogen peroxide and titanium dioxide) and activated
carbon (powdered and granular activated carbon). Especially in Germany and Switzerland, advanced
treatment technologies have been tested on a large scale [10,11]. Also in Sweden, technologies have
been tested [12–17]. In Germany, Austria and Sweden, first full-scale installations have already
been accomplished.
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Most of available studies on treatment technologies focused on the efficiency of removing
pharmaceutical residues. The processes that are most often considered effective are the treatment with
ozone or activated carbon. Generally, ozone treatment implies both a direct chemical reaction of the
ozone molecule as well as indirect reactions with hydroxyl radicals, breaking specific chemical bonds
within the targeted substances. There exist several studies investigating complementary treatment
by ozone [11–15,17–28]. Results indicate that while ozone oxidation generally provides a removal
effect on many targeted substances, a sufficient removal of some substances may not be achieved
even at very high ozone doses. Further, the main disadvantage of ozone treatment is the fact that
the process does not completely degrade most substances. These may be transformed into other
substances, normally without aromatic structures. Some of these metabolites might be more or less
toxic and require thus an extra treatment step after ozonation [19–22,25–28]. These problems can be
handled using a more integrated treatment setup as proposed by [14] using an ozonation step between
bio-sedimentation and post-denitrification processes. This configuration is realized as Sweden’s first
full-scale installation of micropollutant removal at municipal WWTPs. Other challenges when using
ozonation are an additional high-energy demand and working environment issues at WWTPs.

The use of activated carbon (AC), either as powdered activated carbon (PAC) or granulated
activated carbon (GAC), has been investigated in numerous studies [11,16,29–35]. The use of AC is
a widespread technology to remove various pollutants from water. Especially in treatment of fresh
water for drinking water production, technical systems using either PAC or GAC have been applied
for many years. Thus, significant knowledge on setup and operation of such systems is available.
The main advantage of using activated carbon is a broad and effective removal of MPs and that no
by-products are generated. During regeneration or destruction of activated carbon, the adsorbed
pollutants are destroyed. The currently high environmental impact of AC-applications is caused by
the immense energy and resource utilization during production and regeneration of activated carbon.
This is identified as a drawback of the technology that can only be solved by increasing the AC-capacity
or utilization in different ways or using biochar based on organic waste such as sewage sludge [36].

Filter systems based on GAC are common and a potential biological activity inside the filter will
affect adsorbed organic compounds and the overall filter performance. Biological activity, however,
is, next to suspended solids in the inflow, the main reason for clogging problems representing
a key operational challenge for GAC-filter systems. An excellent pre-treatment and particle-free
process waters are generally easier to handle and could improve the application potential of
GAC-biofilter systems.

Membrane Bioreactor (MBR) systems are currently considered at more and more WWTPs
to meet challenges with increased load as well as more stringent effluent quality requirements.
Several WWTPs in Sweden, such as the Stockholm Water and Waste Company (Stockholm Vatten och
Avfall), Sweden’s largest water service organization, are replacing their existing conventional activated
sludge process (CAS) with an MBR. After upgrading, the new process will be one of the world’s
largest MBR facility with a capacity of 1.6 million PE (predicted load year 2040). MBRs combine the
biological activated sludge process with membrane separation, which provide distinct advantages
over the CAS. Advantages include a significant better effluent (permeate) quality regarding particles,
disinfection capabilities due to the membrane pore size, higher volumetric loading due to higher
sludge concentrations in the biology, reduced footprint and process flexibility towards influent changes.
Even the treatment of micropollutants (MPs) may be more efficient using MBRs compared to traditional
treatment systems. This is partly explained by the fact that MP attached to particles can efficiently be
removed by filtration, which also includes for example microplastics.

MBRs have been used for a number of decades but first in the last decade, MBRs
gained more attention for the treatment of both municipal and industrial wastewater. This is
much due to a significant cost reduction of membranes and process development decreasing
energy requirements [37–41], which also implies a significant increase in current and planned
installations worldwide.

84



Appl. Sci. 2019, 9, 710

The aim of this research work was to investigate and evaluate the long-term removal efficiency of
a number of micropollutants including pharmaceutical residues, microplastics and so forth, by using
a GAC-biofilter applied to MBR-effluent. Through actual pilot process setup as designed for a real
WWTP, the current work evaluates the performance of the studied system and its potential role in the
way forward for micropollutants removal.

While the removal efficiency of activated carbon and ultrafiltration has been evaluated in previous
studies as described, no long-term evaluation of the combination of an MBR process and a GAC-biofilter
has been done. The current work further is novel as it focusses on the pharmaceutical residue
removal by the biological activity in the GAC-biofilter. Previous evaluations of GAC-filtration systems
focus on the adsorption capacity of the activated carbon. The combination with an MBR-process is
motivated by recent developments in the sewage treatment that will result in a significant increase in
MBR-installations worldwide and thus the relevance of the current study.

2. Materials and Methods

2.1. Pilot Characteristics

For the evaluation in long-term tests, an MBR-pilot was applied as the main treatment
process. IVL Swedish Environmental Research Institute and the Stockholm Water and Waste
Company have together set up, and since September 2013 operated, a pilot-scale treatment line
with a capacity corresponding to 0.015% of the total Henriksdal WWTP facility (design year 2040).
The pilot is located at the Research and Development (R&D) facility, Hammarby Sjöstadsverk
(www.hammarbysjostadsverk.se). Wastewater treated by the pilot is taken from the untreated inflow
to Stockholm’s main WWTP Henriksdal and filtered through a 3 mm strainer (Figure 1). The flow into
the pilot is proportional to the flow to the main WWTP and the hydraulic retention time (HRT) in the
biological reactor corresponds to 10 hours at average flow. The pilot consists of a primary clarifier,
a biological reactor with a total volume of about 29 m3 including anoxic and aerobic zones, followed
by an ultra-filtration (UF). Anoxic and aerobic zones account each for 50% of the process volume.
The membrane tank had a total volume of 13 m3. Nitrate is recirculated from the beginning of the
post-denitrification zone to the beginning of the pre-denitrification zone and sludge is recirculated
from the UF to the beginning of the pre-denitrification zone. The ultrafiltration consists of two
modules with Flat Sheet membrane type MFM 100 from Alfa Laval (Denmark). The UF units are
operated intermittently with relaxation times of 2 minutes after 10 minutes of operation. The nominal
pore size is 0.2 microns with a minimum and maximum pore size of 0.17 microns and 0.26 microns,
respectively. The total membrane area per module is 79.64 m2 spread over 44 membrane sheets. A more
detailed description of the MBR-pilot configuration and operational characteristics is provided by
Baresel et al. (2017) [42].

The nominal pore size of the UF in the MBR-system of 0.2 microns implies that particles of larger
size are efficiently removed from the wastewater, including microplastics, bacteria and pathogens.
The evaluation of the MBR-process shows that targeted effluent qualities of <0.2 mg TP/L and 6 mg
TN/L are achieved under various loads. Previous analyses of pharmaceutical residues in other
MBR-effluent showed no increased removal effect of pharmaceuticals by the MBR-process compared
to the CAS-process [43–45].

Particle-free MBR treated wastewater was pumped at a constant flow of 1400 L/h to the pilot
GAC-filter (Figure 1) with a surface area of 0.3 m2. The filter consists of a 10 cm thick sand bed on
the bottom and a 1 m layer of commercial granulated carbon (Filtrasorb 400, Chemviron Carbon,
density ~ 0.5 kg/L). On the filter bottom, there are a number of nozzles for backwash from an
equalization tank equipped with a continuous measurement of the suspended matter content to
the top of the GAC filter. The GAC-filter was originally constructed as sand filter and operated as such
for many years before it was used as GAC-biofilter in this study.
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Figure 1. Schematic illustration of the pilot setup including a membrane bioreactor MBR and granulated
active carbon (GAC)-biofilter for removal of micropollutants.

With the indicated normal flow and filter volume, a contact time in the filter (HRT or EBCT
(Empty Bed Contact Time)) of 13 min was maintained. These operational parameters were based
on related pilot trials [46,47] where different residence times in a GAC-filter were tested with water
treated in a temporary MBR-pilot.

The water passed through the filter and was collected in an equalization tank for backwash.
Backwash consisted of a sequence of pulses of pressured air to terminate eventual pressed layers
and backwash with water from the equalization tank. Backwash water was diverted back to the
main inflow of the MBR-pilot. The filter was open and the driving force through the column was the
difference in level between the water in the column and the level of the outlet. The water level in the
GAC-filter was regulated via level gauge controlling the valve opening for outgoing water. The level
of control was 40–50 cm above the filter bed.

2.2. Sampling and Analysing

The long-term test lasted for almost two years. Automatic samplers continuously collected
flow-propositional samples of the untreated wastewater, the MBR-effluent and the final effluent after
the GAC-biofilter and stored them cooled. Each week, composite samples were collected and frozen.
During start-up and after some weeks of operation, weekly composite samples were sent for analyses.
With the analyses at hand, coming weeks for analyses were planned for or previously collected samples
were added in order to cover periods with significant changes. Grab samples for bacteria analyses
were collected at the final day of a sampling campaign.

Investigated micropollutants include a wide range of relevant pharmaceuticals and other
emerging substances, oestrogen effect, bacteria and microplastics (see Table S1 for details about
investigated substances). Generally, triplicate analyses were performed on all samples. Only certified
laboratories were utilized in the project. Thus, standard analytical methods for all analyses and are
not described in detail here. Pharmaceuticals and microplastic particles were analysed at IVL’s own
certified laboratory using the following methods.

Pharmaceuticals were analysed using aliquots of 100 to 200 mL thawed composite samples that
were spiked with 50 μL internal standard carbamazepine-13C15N (2000 ng/mL) and ibuprofen-D3
(2000 ng/mL). One millilitre of 0.1 wt% ethylenediaminetetraacetate (EDTA-Na2) dissolved in

86



Appl. Sci. 2019, 9, 710

methanol:water (1:1) was added. Prior to extraction using solid phase extraction (SPE) cartridges
(Oasis HLB, 6 mL, Waters), the sample was shaken. Cartridges were conditioned with methanol
followed by Milli-Q (MQ) water. Thereafter, the samples were applied to the columns at a
flow rate of two drops per second. The substances were eluted from the SPE cartridges using
5 mL methanol followed by 5 mL acetone. The supernatants were transferred to vials for final
analysis on a binary liquid chromatography (UFLC) system with auto injection (Shimadzu, Japan).
The chromatographic separation was carried out using gradient elution on a C18 reversed phase
column (dimensions 50 × 3 mm, 2.5-μm particle size, XBridge, Waters, UK) at a temperature of 35 ◦C
and a flow rate of 0.3 mL/ min. The mobile phase consists of 10 mM acetic acid in water.

In addition to pharmaceuticals and phenolic compounds in water, also the contents in the filter
material was analysed at the end of the experiment. Pharmaceuticals residues in the carbon were
determined after representative samples were taken, dewatered and freeze-dried. The substances were
extracted with acetone: acetic acid (20:1). The eluate was then treated as for the water samples.

Even so, replicate analyses have been performed, complex wastewater and filter material matrixes
imply challenges during sample preparation and analyses. For example, other organic substances
can reduce the recovery during sample preparation and affect the signal during analysis or some
substances to be analysed can interact with free ions from the matrix and form chelate complex,
which result in reduced recovery and detection. As the test are based on real wastewater including the
daily, weekly and seasonal quality variation, analyses uncertainty varies during the 2 years of analyses
as also the water matrix varies. Therefore, only average values of replicate analyses are presented in
this study.

Microplastic particles were analysed by following method [48] commonly used in screenings in
Nordic countries as standards for microplastic analyses are not yet established. The water samples
were filtered through filters with a mesh size of 20 μm and the material collected on the filters was
analysed with a stereo microscope (50 times magnification). All microplastic particles were counted
and divided into three groups according to their shape—plastic fragments, plastic flakes and plastic
fibres. The term plastic flake was used for very thin particles, whereas thicker particles were called
plastic fragments. The term microplastics or plastic particles refer to all three groups. In addition to
the microplastics, also non-synthetic fibres of anthropogenic origin were counted. This included textile
fibres of for example cotton but not cellulose from toilet paper.

Material suspended before the GAC-filter was measured with an online meter of the Züllig
COSMOS 25. The total suspended solids (TSS) was determined by standard method (SS 02 81 12-3)
and BOD5 with WTW Oxitop. pH was determined with a hand meter (pH 3110 from WTW) and
colour, transmission and absorbance at 254 nm were determined using a spectrophotometer—WTW
photoLAB 6600. TOC was determined according to standard method (SS-EN 1484).

3. Results and Discussions

Many pharmaceutical substances were already removed in the MBR to levels below the reporting
limit. Compared with the full-scale WWTP Henriksdal, the MBR resulted in lower concentrations of
for example furosemide, bisoprolol, metoprolol and sertraline. Reasons for the better treatment may be
the higher sludge age providing an enhanced biodegradation or certain adsorption to the membrane
(sertraline) as also reported by [49].

For the evaluation of the removal efficiency in the GAC-biofilter, only compounds that were
always quantifiable before the filter and at least once quantifiable after the filter were considered in the
assessment. Figure 2 shows filter effluent concentrations as a percentage of the influent concentration
for these compounds. Values below LOQ (limit of quantification) are here set as LOQ/2. The x-axis
is graded with the number of Empty Bed Volumes (EBVs) that passed the GAC-biofilter. 60 000 EBV
corresponds to 120 m3 water/kg GAC in the filter, that is 574 days after the start of the experiment
when the tests had to be stopped due to reconstruction of the MBR-pilot. The figure also shows the
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targeted removal efficiency by the project and common design criteria for GAC-filter where only
adsorption of micropollutants is considered.

Figure 2. Average reduction of various pharmaceuticals during the whole project period.

Figure 2 shows a good removal of all substances immediately after the operation of the filter
was initiated. This is mainly explained by a high adsorption capacity of the fresh GAC as also
reported by [16,32]. Up to about 25,000 EBV (about 50 m3/kg GAC), the removal was very good
for all compounds. Then elevated effluent concentrations for some compounds can be observed.
The level of oxazepam and carbamazepine increased to more than 10% of incoming concentrations
and the diclofenac concentration exceeded 5 % of the incoming concentration. The GAC-biofilter
operation, however, was continued to evaluate the long-term removal efficiency of the GAC-biofilter
for all substances. As the figure indicates, the removal efficiency improved again without any changes
in operating mode. A similar recovery was also noted in earlier trials with a GAC-filter treating
the effluent of a WWTP operated as conventional activated sludge process [16]. However, analysed
concentrations do not indicate any significant changes in the incoming load to the GAC-biofilter and can
thus not explain the temporal increase of concentrations in the GAC-biofilter effluent. In addition, no
other test parameters, for example water temperature, changed in a way that could explain observed
removal variations in Figure 2. A bio-regeneration inside the GAC-biofilter may be a potential
explanation. Bio-regeneration was reviewed before as a more sustainable alternative to conventional
regeneration methods but focus has been on bio-regeneration in offline filters [50]. However, it is
mentioned that the same process may also take place in GAC-filters with an established biological
activity. Although there have been some good research efforts in bio-regeneration, there is still not
much known about the factors affecting the regeneration process [50].

After about 50,000 EBV (about 100 m3/kg GAC), another increase of effluent concentrations can
be observed for oxazepam and carbamazepine. The increase of furosemide is not certain as the level
was below LOQ and the high percentage is due to very low concertation levels. At 60,000 EBV
(about 120 m3/kg GAC), the experiment was terminated due to a required modification of the
MBR-pilot. The sampling frequency with weekly composites samples does not provide any information
about actual load variations with a higher resolution. It is not self-evident whether the removal in
the GAC-biofilter is defined as a certain percentage of incoming concentration, a certain amount per
unit of time or down to a certain residual content. Probably it is a combination as also suggest by [51].
Evaluating the actual concentrations in the effluent show that the corresponding curves to Figure 2 have
roughly the same shape. However, for Oxazepam the peak appears somewhat later. This is probably
due to varying concentrations in the inflow to the filter. Table S2 in the Supplementary Materials shows
analysed concentrations of all compounds before and after the GAC-biofilter at the end of the test.
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At the end of the experiment, samples of the used GAC were taken from various levels of the
filter bed. Higher concentrations of pharmaceutical residues were observed in samples from the top
layer of the filter bed despite frequent backwashing during the 2 years of operation. This implies that
the frequent backwash did not affect the concertation profile in the filter as also suggested by [16].
A screening analysis of the used GAC indicated very small changes in the size distribution of the
carbon particles, which indicates a very morphologically stable carbon. Despite this, a decomposition
of carbon particles could be observed in a larger proportion of small particles, which also implies that
the number of larger particles was reduced.

After the pilot operation was finalized, a rough mass-balance for the removed pharmaceutical
substances by the GAC-biofilter was established. Amounts of substances removed were calculated
based on all analyses and the assumption that the concentrations varied linearly between analyses
events. For the GAC-biofilter effluent, concentrations below LOQ have been considered as LOQ/2.
Analysis of the backwash water showed high levels of suspended biological material, 200-300 mg/L
but very low levels of pharmaceutical substances. The recirculation of these substances back to the
inflow of the MBR-pilot via backwash water was estimated to be less than 1% of the total load to the
GAC-biofilter. The difference between incoming and outgoing mass flows is then determined as the
amount removed by the GAC-biofilter. As most of the compounds are considered as stable, they should
then be contained in the used GAC. Table 1 shows the amounts of considered pharmaceutical residues
found in the GAC. Presented results are corrected for the exchange of the respective substance in the
extraction of new spiked carbon. The yield was between 50 and 100 % for the various compounds.

Table 1. Total amount of removed pharmaceutical residues in the GAC-biofilter.

Total Removed Analysed in GAC Adsorbed

mg/kg GAC mg/kg GAC %

Citalopram 29.2 1.09 3.7
Diclofenac 67.9 0.13 0.2

Furosemide 49.2 0.57 1.2
Hydrochlorothiazide 143.4 3.97 2.8

Ibuprofen 8.1 0.01 0.1
Carbamazepine 41.2 13.1 31.8

Metoprolol 82.5 3.15 3.8
Oxazepam 54.3 7.03 12.9

Propranolol 6.7 0.87 12.0

Despite several uncertainties in the mass balance, it is clear that most of the considered
compounds that efficiently have ben remove from the wastewater, were not found in the analysed GAC.
After initially being adsorbed by the GAC, the compounds may have been broken down biologically
by the established biological activity in the filter as also discussed by [50]. Even a metabolization of the
substances in the filter may be possible, as applied analytical methods could not measure metabolites
of the considered pharmaceuticals. Measured COD/TOC in the effluent of the filter was stable and
the change of Spectral Absorption Coefficient (SAC) over the filter remained stable. A microbial
screening of the biofilm in the filter material and a related quantification of the removal of substances
by either adsorption or biodegradation is difficult [50] and they were not performed in this project.
The assessment of the adsorbed contaminants in the GAC as sown in Table 1, supports the assumption
of a bio-regeneration in the GAC-biofilter, which extends the lifetime of the system (see also [50]).

In general, the MBR-process provides a high quality, particle-free effluent compared to traditional
activated sludge processes. Bacteria, including multiresistant bacteria, of all sizes larger than the
membrane pore size were efficiently removed from the wastewater by the MBR-process. However,
very low concentrations (<65 cfu/100 mL) of bacteria were still detected in the MBR-effluent. It could,
however, not be determined if these bacteria originated from sample contamination or contact of
the permeate with the atmosphere. Both aspects are almost impossible to avoid in sewage treatment
environments. Total coliforms in the treated MBR-effluent were further reduced with >85% by the
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GAC-biofilter. Interestingly, faecal coliform removal was absent during the first weeks of operation
while a reduction of more than 90% was achieved after 3 months of operation. This might be explained
by the established biology in the filter that outcompetes faecal coliforms.

The studied phenolic compounds triclosan and bisphenol A were reduced to below detection
limit. Most of nonylphenol and octylphenol was removed as well. It was difficult to extract several
of the phenolic compounds from the carbon. Thus, a mass balances for these compounds over the
GAC-biofilter was not possible to perform. High levels of nonylphenol, triclosan and bisphenol A in
the backwash water suggested that they were largely bound to the flushed biomass and thus returned
to the biological process in the main treatment.

Not a single microplastic particle was detected in the MBR-effluent (removal efficiency 100%),
whereas effluent water from the full-scale CAS-process including a final sand filtration contained both
plastic fibres and plastic fragments (removal efficiency 90.7 %). Non-synthetic fibres were found in
both MBR and CAS effluents.

Compared to complimentary treatment of the final effluent from the main WWTP Henriksdal,
that is the same influent water, [16,52], a significant reduction of clogging and backwash frequency was
achieved in the GAC-biofilter when treating MBR-effluent. Both aspects have a direct impact on the
operational cost of the GAC-biofilter system. The better quality of MBR-effluent compared to traditional
CAS-effluent (even with sand filtration [15]) provided better conditions for the GAC-biofilter operation.

The initial adsorption of pharmaceuticals substances and thus concentration build-up on the filter
material provides good conditions for the establishment of a biology. Compared to treatments system
that use the same technology combination but in a different order [51], are more specialized biology
may be able to establish as easier degradable organic contaminants have already been removed by the
preceding MBR-process. High oxygen concentrations in the effluent from the MBR due to continuous
air scouring of the membranes may enhance the biological breakdown of organic micropollutants in
the following biofilter.

The evaluation of the pilot operation and related removal of micropollutants indicates that some
aspects need further confirming experiments in order to utilize the findings in the most optimal way.
Here the recovery of the removal capacity in the biofilter is the most interesting aspect for further
investigation as also pointed out by [50].

4. Conclusions

The combination of Membrane Bioreactor (MBR) and biofilter with granulated activated carbon
(GAC) as filter material have not received the same attention as resource efficient removal alternative
for micropollutants as other technologies. The combination of an enhanced biology and ultrafiltration
in the MBR, followed by adsorption and biological degradation in the GAC-biofilter, however,
is a powerful treatment alternative. Considering the increasing number of MBR installations in
municipal sewage treatment worldwide, the treatment combination has a significant potential to
meet requirements for less micropollutant discharge to the environment in a resource-efficient way,
especially in large WWTPs. The combination of an MBR system and GAC-biofilter cannot only remove
a broader range of micropollutants than ozonation. Further, the system does not impose any risk
of the formation of toxic residues and has greater improvement potential regarding environmental
sustainability and costs.

The long-term evaluation of the GAC-biofilter subsequent of an MBR-treatment shows that
about 90–98 % of the pharmaceutical residues could be removed from the water. The assessment
illustrates the importance of long-term tests to determine the actual capacity of a biological active
filter. This combination of the different treatment technologies and associated removal processes not
only facilitates a more efficient removal of pharmaceutical residues, but it also prolongs the lifetime of
the filter material. The performed analyses and mass balances show that only a minor amount of the
removed substances was adsorbed to the filter material. The majority of the removed pharmaceutical
substances was broken down by the established biology in the filter. The results further indicate that
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the biological activity in the GAC-biofilter can provide a bio-regeneration of the GAC by decomposing
targeted substances and thereby restoring adsorption capacity of the GAC. This finding may have
significant impact on the overall resource efficiency of such treatment systems, both regarding costs
and overall environmental impact of the additional treatment.

The investigation further shows the advantage of using GAC as filter material as the high
adsorption capacity of GAC ensures a high removal efficiency right from the start-up of the filter
even so a microbial community on the GAC surface requires time to establish. The initial adsorption
of pharmaceuticals substances and thus concentration build-up on the filter material provides good
conditions for the establishment of a specialized biology.

In general, the project results show that the combination of an MBR-process with a GAC-biofilter
provides a complementary treatment system able to meet various demands for efficient sewage
treatment to low effluent concentrations of organics, nutrients, suspended solids and micropollutants.
As requirements on sewage treatments including the removal of micropollutants will continuously
become stricter, the investigated treatment system of MBR and GAC-biofilter may be one of the most
attractive solution for a resource-efficient removal of a broad range of micropollutants from sewage.
Even so, more research on this treatment system is necessary; the current study clearly indicates the
potential of the system.
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Abstract: Picolinic acid (PA), a C2-carboxylated pyridine derivative, is a significant intermediate
used in industrial production. PA is considered hazardous for the environment and human health.
In this study, a Gram-positive bacterium, Rhodococcus sp. PA18, which aerobically utilizes PA as a
source of carbon and energy, was isolated. The strain completely degraded 100 mg/L PA within
24 h after induction and formed 6-hydroxypicolinic acid (6HPA), a major PA metabolite, which was
identified using ultraviolet-visible spectroscopy, high performance liquid chromatography, and liquid
chromatography/time of flight-mass spectrometry analyses. The cell-free extracts converted the PA
into 6HPA when phenazine methosulfate was used as an electron acceptor. To our knowledge, this is
the first report showing that PA can be metabolized by Rhodococcus. In conclusion, Rhodococcus sp.
PA18 may be potentially used for the bioremediation of environments polluted with PA.

Keywords: picolinic acid; biodegradation; Rhodococcus; 6-hydroxypicolinic acid

1. Introduction

Picolinic acid (PA), a pyridine derivative [1], has emerged as an important intermediate from the
industrial syntheses of agricultural chemicals, drugs, dyestuffs, dyes, textiles, and mining [1–4]. It is
also a dead-end product of L-tryptophan biosynthesis in living organisms [5–7]. In many common
biological processes, PA is produced from the biodegradation of nitrobenzene, catechol, and anthranilic
acid [8,9]. Owing to its hydrophilic nature (water solubility of 887 g/L at 20 ◦C), PA is easily transported
to the aquatic environment and to soil [1,10]. Reports show that the pyridine concentration in
wastewaters ranges from 20 to 300 mg/L [4]. Nevertheless, the toxicity or disadvantages of the
use of PA have also been found. Owing to their relationship with environmental health, the removal
of PA from contaminated ecosystems is considered essential for controlling environmental damage.
Both physical and chemical methods are too expensive and ineffective in waste disposal management.
Biological methods are efficient and cost effective, and hence, play an important role in the clean-up of
toxic and hazardous wastes in the contaminated environment. Studies show that PA can be degraded
efficiently by microorganisms, and many PA-utilizing bacterial strains, such as Achromobacter sp.
JS18 [11], Alcaligenes faecalis JQ135 [12], Arthrobacter picolinophilus DSM 20665 [13], Burkholderia sp.
ZD1 [3], and Streptomyces sp. Z2 [14], have been isolated and characterized.

An oxidative attack on the N-heterocyclic aromatic ring of PA is the main step initiating
its bacterial degradation [1,3]. However, all of the above strains are Gram-negative bacteria,
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and whether Gram-positive bacteria can also degrade PA is not known. In this study, a Gram-positive
PA-assimilating strain, Rhodococcus sp. PA18, was isolated, identified, and characterized. The aerobic
degradation of PA by strain PA18 and the formation of 6-hydroxypicolinic acid (6HPA), the initial
product formed after the oxidative attack on the N-heterocyclic aromatic ring, have been discussed.

To the best of our knowledge, this is the first report on the degradation of PA by a
Gram-positive bacterium, Rhodococcus sp. PA18. This may be developed as a potentially low cost and
environmentally-friendly approach to restore the environments contaminated by PA.

2. Materials and Methods

2.1. Chemicals and Media

PA and 6HPA were acquired from J&K Scientific Ltd. (Shanghai, China). Phenazine methosulfate
(PMS), methylene blue (MB), and 2,6-dichloroindophenol (DCIP) were purchased from Sangon
Biotech Co., Ltd. (Shanghai, China). All of the other chemicals and solvents used in this study
were available commercially.

The Luria Bertani (LB) medium contained (per liter) tryptone (10.0 g), yeast extract (5.0 g),
and NaCl (10.0 g). The mineral salts medium (MSM) contained (per liter) (NH4)2SO4 (1.0 g), NaCl
(1.0 g), K2HPO4 (1.5 g), KH2PO4 (0.5 g), MgSO4 (0.2 g), and 1 mL trace elements medium stock solution
(0.13 g MnSO4·H2O, 0.23 g ZnCl2, 0.03 g CuSO4·H2O, 0.42 g CoCl2·6H2O, 0.15 g Na2MoO4·2H2O,
and 0.05 g AlCl3·6H2O). The media were adjusted to pH 7.0 using HCl or NaOH, and were autoclaved
at 121 ◦C for 30 min. For the solid media, 1.5% agar (w/v) was added.

2.2. Isolation and Identification of PA-Degrading Bacteria

Soil samples were collected from a farmland in Nanjing City, China. The enrichment culture
was initiated with 5.0 g of soil samples in 100 mL MSM, containing 500 mg/L PA as the sole carbon
source. It was incubated under aerobic conditions in a rotary shaker at 30 ◦C and 150 rpm for one
week, and then 5% (v/v) of the culture was transferred to fresh MSM containing PA. The process
was repeated four times. The culture was diluted and spread on MSM agar plates containing PA
(500 mg/L). The colonies were tested for their PA degradation capability. A strain named PA18, which
showed a high PA degrading efficiency, was selected for further studies. The morphological and
physiological characteristics of PA18 were characterized, and its 16S rDNA sequence was analyzed
according to the method described by Nie et al. [15].

2.3. Biodegradation of PA by a Rhodococcus Strain

The strain Rhodococcus sp. PA18 was cultured in 100 mL of liquid LB medium for 24 h, until
the late log phase. The cells were harvested via centrifugation at 5000 rpm for 10 min, washed
twice with fresh MSM, and then transferred into MSM containing 100 mg/L PA. After seven days,
the Rhodococcus cells were harvested, washed twice with fresh MSM, and then resuspended in fresh
MSM. The optical density of the cells at 600 nm (OD600) was adjusted to 2.0. These PA-pre-cultured
cells were used for further biodegradation assays. The ability of PA18 to degrade and utilize PA
was assessed in 250 mL-conical flasks, with 100 mL of MSM supplemented with a constant initial
concentration of PA (100 mg/L), and the cells were incubated in a rotary shaker at 30 ◦C and 150 rpm.
The experiment was repeated in triplicate and the control experiment was set up as above, but without
the inoculation of the bacteria. The samples were collected periodically from the cultures. The growth
was monitored by measuring the OD600, and the residual PA concentration was measured using HPLC,
as described below.

2.4. Effects of Different Factors on PA Biodegradation

In order to determine the optimal conditions for PA biodegradation, different inoculum sizes
and initial PA concentrations were tested. Inoculum sizes of 0.005, 0.200, 0.500, and 1.000 at OD600
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were used when the initial PA concentration was 100 mg/L. Conversely, the initial concentration of PA
varied from 50, 100, 200, 300, 400, to 500 mg/L when the inoculum size was maintained at 0.005 at
OD600. All of the above experiments were conducted in 250 mL flasks containing 100 mL MSM in a
rotary shaker at 30 ◦C and 150 rpm. Each experiment was conducted in triplicate, and the residual PA
concentration was measured by HPLC, as described below.

2.5. Identification of Metabolites during PA Degradation

To identify the metabolites during PA degradation, the strain PA18 was inoculated in a MSM
medium with PA (100 mg/L), and was incubated at 30 ◦C and 150 rpm. The samples were collected
at appropriate intervals for further analysis using UV-VIS spectroscopy, high performance liquid
chromatography (HPLC), and liquid chromatography/time of flight-mass spectrometry (LC/TOF-MS).

2.6. Cell-Free Extract Activity Assays

The PA-pre-cultured PA18 cells were grown to the mid-log phase in MSM with 100 mg/L PA.
After centrifugation (4◦C, 12,000 rpm, 10 min), the harvested cells were resuspended in a 50 mM
phosphate buffer (pH 7.0). The cell-free extract was prepared by sonication in an ice-water bath for
30 min (1 s with 2 s intervals). After sonication, the supernatant liquid was separated from the cell
debris by centrifugation at 12,000 rpm for 30 min. The supernatant was collected for enzyme assays.
The protein concentrations were measured using the Bradford method [16,17]. The picolinic acid
hydroxylase activity of the cell-free extract was determined by measuring the increase in the absorbance
of the reaction mixture at 310 nm, the absorption maximum of the product 6HPA (ε = 4.45 cm−1 mM−1).
The reaction mixture contained 0.1 mM PA and a 0.1 mM electron acceptor in 500 μL of cell extract.
The reaction was started by the addition of PA. To evaluate the molar ratio among PA, 6HPA, and PMS,
the PMS was maintained at 0.1 mM, while the concentration of PA was varied from 0.00 mM to
0.50 mM. One unit of activity was defined as the amount of enzyme that catalyzed the formation
of 1 μmol 6HPA in 1 min. Specific activity refers to the number of units of the enzyme present per
milligram protein. The kinetic data were evaluated using nonlinear regression analysis with the
Michaelis–Menten equation. All of the data were collected from three independent determinations.

2.7. Analytical Methods

The cell density was estimated spectrophotometrically by detecting the absorbance at 600 nm
using an UV-VIS spectrophotometer (Shimadzu, UV-2450, Kyoto, Japan). The concentration of
PA and its catabolic intermediates in the supernatants was primarily monitored using an UV-VIS
spectrophotometer (Shimadzu, UV-2450, Kyoto, Japan). The spectral data were collected from 400 nm to
200 nm. PA and 6HPA were identified using an HPLC analysis on a Shimadzu AD20 system equipped
with a C18 reverse phase column (250 × 4.60 mm, 5 μm; Agilent Technologies, Santa Clara, CA,
USA). The concentrations of the compounds were calculated using standard samples. The detection
wavelength was set at 260 and 310 nm. The mobile phase was a mixture of methanol–water (10:90,
vol/vol) with 0.2% formic acid, and the flow rate was 0.7 mL/min. The column temperature was 30 ◦C.
The LC/TOF-MS analysis was performed in a TripleTOF 5600 (AB SCIEX) mass spectrometer [18],
and the conditions were identical to that used for HPLC.

3. Results

3.1. Isolation and Identification of the PA-Degrading Strains

Several strains demonstrated a PA utilization from the enriched soil solution after four
weeks. Among these strains, one bacterium, designated as PA18, showed a high PA-degrading
efficiency. The strain grew in the presence of 6.5% (w/v) NaCl, and the D-Xylose, cellobiose, lactose,
and D-mannitol could be used as the sole source of the carbon and energy. A phylogenetic tree was
constructed based on a BLAST analysis of its 16S rDNA sequence (GenBank accession number: MH
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681664). The strain PA18 showed a 99%–100.0% sequence similarity to R. erythropolis NBRC 15567T

(BCRM01000055), R. degradans CCM 4446T (JQ776649), and R. qingshengii JCM 15477T (LRRJ01000016),
and formed a subclade with R. erythropolis NBRC 15567T (Figure 1). Thus, it was identified as a member
of Rhodococcus sp. The genus Rhodococcus is considered one of the most promising groups of organisms
suitable for the biodegradation of compounds that cannot be easily transformed by other organisms [19].
Members of the genus Rhodococcus exist as abundant indigenous bacterial communities in localities
contaminated with various aromatic pollutants [20,21], indicating that Rhodococcus spp. may play
an important role in bioremediation. Numerous Rhodococcus have been isolated, for example, R.
pyridinivorans PDB9 and Rhodococcus spp. have been reported to degrade pyridine [22,23], Rhodococcus
sp. Y22 and R. rhodochrous J1 degrade nicotine or nicotinic acid [24,25], and Rhodococcus sp. B1 degrades
quinoline or related-compounds [26]. However, no Rhodococcus species has been shown to degrade
PA to date. This study provided new insights regarding PA catabolism and biodegradation by the
Rhodococcus species, which may be used for the bioremediation of polluted environments.

 
Figure 1. Neighbor-joining phylogenetic tree shows the position of strain picolinic acid 18 (PA18)
among some members of the genus Rhodococcus, based on the 16S rDNA sequences.

3.2. Growth of Strain PA18 and PA Biodegradation

The relationship between the growth of strain PA18 and PA degradation in MSM is indicated by
Figure 2. The concentration of PA remained unchanged in the control samples, which did not contain
strain PA18. This confirmed that abiotic losses, such as the volatilization and adsorption of PA, were
negligible in this study. PA18 degraded 100 mg/L PA at a relatively higher rate within the first 24 h
(Figure 2A). The degradation rate decreased substantially from 24 to 28 h, possibly as a result of a lack
of substrate, with complete degradation within 28 h. Furthermore, the PA degradation was associated
with a concomitant increase in the bacterial cell density. The OD600 value reached 0.31 within 16 h.
Interestingly, after a four-day lag phase, the strain PA18 cultured in a LB medium also showed a
high-efficiency degradation of PA (Figure 2B). In contrast, the negative control with no inoculated
PA18 showed no discernable degradation of PA over the same 120 h. At the same time, the cells grew
rapidly with the degradation of PA.
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Figure 2. Utilization of PA during the growth of Rhodococcus sp. PA18 in mineral salts medium (MSM)
(pH 7.0). The strain was pre-cultured with PA (A). The strain was pre-cultured in a Luria Bertani (LB)
medium (B).

3.3. Effects of Initial PA Concentration and Inoculum of the Strain on PA Biodegradation

To investigate the effect of the environmental factors on PA biodegradation, the effects of the
initial PA concentration and the inoculum of the strain on the PA degradation rate were investigated.
As shown in Figure 3A, the PA degradation efficiencies were 10.4%, 28.6%, 68.0%, and 95.9% after
6-h of incubation, from a starting OD600 of 0.05%, 0.20%, 0.50%, and 1.00%, respectively, when the
initial PA concentration was 100 mg/L at 30◦C, pH 7.0. Furthermore, as shown in Figure 3B, when the
initial concentration of PA was increased from 50 mg/L to 300 mg/L, the time required for complete
PA removal increased from 18 to 48 h, which increased to 84 h when the initial concentration of
PA was increased to 400 mg/L. However, the PA could not be degraded when the concentration
was 500 mg/L. One possible reason was that the excessive concentration of PA was toxic for the
strain. The delay period was extended as the initial PA concentration increased. Compared with
other PA-degrading strains previously reported, such as, Achromobacter sp. JS18 [11], Alcaligenes faecalis
JQ135 [12], Arthrobacter picolinophilus DSM 20665 [13], Burkholderia sp. ZD1 [3], and Streptomyces sp.
Z2 [14], strain PA18 possessed a very high degradation efficiency.

Figure 3. Effects of inocula (A) and the initial PA concentration (B) on the degradation of PA in MSM.
The error bars show standard deviations.

3.4. Identification of PA Metabolites

PA degradation by PA18 was analyzed preliminarily using ultraviolet-visible spectroscopy
(UV-VIS). In addition to the parent compound, PA (maximum at 260 nm), one major metabolite
was detected with an increase in the absorption at 310 nm (Figure 4A). The intermediate product was
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collected and subjected to high performance liquid chromatography (HPLC). The peak corresponding
to PA was detected at a retention time of 4.1 min, and an unknown peak appeared at 8.3 min (Figure 4B).

Figure 4. PA degradation analysis by the strain PA18 using UV-VIS and high-performance liquid
chromatography (HPLC). (A) The UV-VIS absorption of each compound during PA degradation from
200 to 400 nm. (B) HPLC analysis of the conversion of PA into 6HPA at 12 h. The black line indicates
the sample collected at 0 h and the red line indicates at 12 h.

Then, the sample was further analyzed using liquid chromatography/time of flight-mass
spectrometry (LC/TOF-MS). The fragment at m/z 124.0398 [M+H]+ conformed to the molecular
weight of 124.0354 for PA (Figure 5). In addition, another molecular ion of m/z 140.0346 [M+H]+

was detected. An increment of 16 in the molecular weight indicated that an oxygen atom was
added to the PA, which was consistent with the molecular weight of the predicted metabolite 6HPA
(C6H5NO3, m/z 140.0303) (Figure 5). Therefore, the PA was possibly hydroxylated by PA18, which
was consistent with the results of the previous reports on PA degradation by Burkholderia sp. ZD1 [3]
and Alcaligenes faecalis JQ135 [12]. A standard sample of 6HPA was also analyzed using HPLC under
the same conditions, and its retention time was identical to that of the unknown peak mentioned
above. Therefore, the intermediate metabolite was identified as 6HPA. Throughout the degradation
process, no other intermediates were detected.

 
Figure 5. LC/TOF-MS profiles of PA and 6HPA.
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Usually, the first step in the microbial degradation of the aromatic ring or heterocyclic aromatic
compounds is the introduction of a hydroxyl group, and these dehydroxylated substrates can be
subsequently decarboxylated [27]. Finally, it can be easily cleaved by dioxygenase or mooxygenase
via either an ortho-cleavage pathway or a meta-cleavage pathway, leading to the formation of
tricarboxylic acid cycle intermediates [28,29]. The first step, hydroxylation of pyridine or its
derivatives, is the key step in biodegradation. Several studies have already shown that pyridine [30],
PA [12,31], nicotine [32], and quinolone [33] are hydroxylated at the carbon adjacent to the heteroatom.
Pyridine derivatives possessing hydroxyl groups can be used as important starting materials for the
synthesis of agrochemicals and pharmaceuticals [34,35]. Future research will be focused on cloning the
gene encoding hydroxylase, as well as further study of the enzymatic characteristics.

3.5. Activity of the Enzyme in the Cell Extract

As shown in Figure 6A, a new absorption peak at 310 nm appeared, the intensity of which
increased significantly, when PMS acted as an electron acceptor. This corresponded to the absorption
maximum of the product 6HPA. However, no 6HPA was produced without the electron acceptor or
when the electron acceptor was MB or DCIP (data not shown). These results indicate that the cell
extract was able to convert PA into 6HPA, with PMS as the electron acceptor. The Km of the crude
enzyme for PA at pH 7.0 and 30◦C was 68.86 ± 14.85 μM, and the specific activity was 154.17 U/mg.
To verify the quantitative relationship between the PA and PMS, the amount of PA was changed
continuously from 0.0 to 0.5 mM, whereas that of PMS was maintained at a constant of 0.1 mM,
as shown in Figure 6B. The amount of product 6HPA increased with the concentration of PA, and the
PA:6HPA ratio was 1:1. Subsequently, the amount of 6HPA formed did not change, even when the
substrate (PA) concentration was increased, indicating that the optimal molar ratio of PA:PMS was 1:1.
The hydroxylases of aromatic or N-heterocyclic aromatic compounds that incorporate oxygen into the
product are Rieske non-heme iron aromatic ring-hydroxylating oxygenase or cytochrome P450s [29,36].
In strain Pseudomonas putida KT2440, the nicotinic acid can be converted to 6-hydroxynicotinic acid
by a two-component hydroxylase (NicAB), whose electron transport chain to the molecular oxygen
includes a cytochrome c domain [37]. Interestingly, unlike other studies, the hydroxylase in the strain
PA18 cell extract that can convert PA to 6HPA uses PMS as an electron acceptor.

Figure 6. Measurement of the enzyme activities in cell-free extracts. (A) Spectrophotometric changes
during the transformation of PA. The spectra were recorded every 1 min. The arrow indicates the
directions of the spectral changes. (B) Relationship between PA and 6HPA while the concentration
of PMS was constant. PA concentration was increased from 0.00 to 0.50 mM whereas the phenazine
methosulfate (PMS), concentration was constant at 0.10 mM. The data were calculated from three
independent replicates, and error bars indicate standard deviations.
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4. Conclusions

In this study, a novel bacterial species, Rhodococcus sp. PA18, was isolated and demonstrated to
possess an outstanding PA biodegradation efficiency, even at a low initial inoculum size. This strain
completely degraded 100 mg/L PA within 24 h after prior induction. UV-VIS spectroscopy, HPLC,
and LC/TOF-MS were used to deduce the biodegradation pathway, and 6HPA was identified as one
intermediate. Furthermore, in the crude enzymology experiment, the optimal molar ratio between
PA and PMS was 1:1. In addition, the quantitative relationship between the substrate (PA) and the
product (6HPA) was 1:1. This is the first study to identify the PA-degrading ability of Rhodococcus.
Further studies are required in order to reveal the biochemical process and mechanisms involved in
the associated biodegradation pathway.
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Abstract: Various untreated wastewaters contaminated with industrial dyes pose significant pollution
hazards to the natural environment as well as serious risks to public health. The current study reports
a new material with a configurative chitosan matrix and engineered Pseudomonas putida cells with
surface-displayed laccases that can decolorize five industrial dyes. Through a self-configuring device,
five chitosan microbeads (CTS-MBs) with different particle sizes were prepared. P. putida cells
were then immobilized onto the CTS-MBs under optimized immobilization conditions, forming
a degrading-biosorbent dual-function decolorization complex. Scanning electron microscope and
infrared analysis confirmed the successful immobilization of the cells onto the CTS-MB matrix.
The optimized CTS-MB1 with surface-grafted aldehyde groups (aCTS-MB1) complex was capable
of decolorizing Acid Green 25 and Acid Red 18 over a pH range of 2.5–8.5 and a relatively
broad temperature range of 15–85 ◦C, with a maximum relative decolorization value of over
94%; the complex was also able to efficiently decolorize Direct Red 243, Reactive Blue 220 and
Reactive Blue 198. Moreover, the aCTS-MB1 composite showed favorable activity in continuous and
regenerative decolorization reactions. Therefore, the chitosan-immobilized decolorizing material,
with both improved mechanical strength and performance, shows potential for further large-scale or
continuous processes.

Keywords: chitosan; Pseudomonas putida; immobilization; dye decolorization; degradation; biosorption

1. Introduction

Textile dyes comprise a large class of chemicals with highly comprehensive components, diverse
origins and extensive applications and they constitute the main source of pollution in sewage discharge
from the textile and printing industry. In China and Southeast Asia, contamination caused by various
textile dyes from untreated industrial effluents is a serious environmental threat, as a variety of textile
dyes are toxic or cross-coupled to toxic components that are relatively recalcitrant to degradation
due to their complicated molecular structure [1,2]. Even a small amount of trace dye in water can
seriously affect the transparency and gas solubility of the water [3]. Remediation of dye contamination
often involves chemical, physical and various biological processes [4,5]. Over the past decade,
intensive efforts have been made to develop effective bioprocesses for the treatment of dyes in
wastewater effluents or other environments [2,6]. Of the various available biological decolorizers,
the macromolecular polymer chitosan (CTS) has particular appeal due to its relatively high natural
dye biosorption efficiency and its ease of transformation into biocomposites through physicochemical
modification, which leads to efficient decolorization of various dyes [7–9].

Appl. Sci. 2019, 9, 138; doi:10.3390/app9010138 www.mdpi.com/journal/applsci105



Appl. Sci. 2019, 9, 138

CTS is a natural poly-amino glucosamine polymer that is widely distributed in the exoskeleton
of various crustaceans, in the exo- and endocuticle of insects and in the cell wall of fungi, where it
functions as an integral component as well as a mechanically strong supporting scaffold material
for these organisms; moreover, CTS has been recognized as one of the most plentiful renewable
organic resources worldwide [10,11]. The distinctive biological properties of CTS, particularly its
biocompatibility, biodegradability, environmental friendliness and regenerability, as well as its relative
permeability and cost-effectiveness, indicate its potential for applications in a variety of industrial
fields, such as biochemical engineering, wastewater remediation, food processing [12,13], bone tissue
engineering and other therapeutic applications [14,15].

In addition to biosorption, enzymatic biodegradation provides another promising approach
to the decolorization of wastewater dyes [16]. Among various degrading enzymes such as
phenoloxidases, laccases and tyrosinases, microbial laccases are being increasingly investigated
as an effective and environmentally friendly means of treating industrial phenolic substrates [17].
Laccases (benzenediol:dioxygen oxidoreductases, EC1.10S.3.2) are a large group of multi-copper
enzymes that are involved in different biological processes of organisms, such as lignifications in
plants; morphogenesis, pathogenesis and detoxification in fungi; cuticle osteosis; and resistance to
heave metals, chlorides, ultraviolet (UV) radiation and H2O2 in bacteria, among others [16,18,19].
Many previous investigations have demonstrated the ability of microbial laccases to oxidatively
degrade a broad range of organic compounds, particularly aromatic substrates [20–22], including
industrial or wastewater dyes [17,23,24]. In a similar approach, we developed a Pseudomonas cell
surface display system to efficiently decolorize the anthraquinone dye Acid Green 25 and diazo dye
Acid Red 18 [25] in which a mutated bacterial laccase (WlacD) [26] was projected onto the surface
of target cells, enabling fast and goal-oriented decolorization on the cell surface. This system has
proven advantages over freely suspended laccase and bacterial cells alone, including the elimination
of mass transfer limitation, minimization of dye toxicity to living cells and particularly, promotion of
the reaction rate. However, one technical drawback remained in this system: its inability to be applied
in large-scale or continuous processes, as high loading of this type of biomass, which is composed of
cells, will become clogged under continuous-flow conditions in a reactor. In addition, as a recombinant
bacterial strain, carrying an antibiotic marker is also an important concern for environmental release.
Therefore, further studies to improve the performance of this system for large-scale or continuous
operations are required.

Pseudomonas putida is a well-known non-pathogenic and robust bacterium, with a wealth of
oxidoreductases and a versatile metabolism capable of utilizing a wide range of inorganic and organic
compounds [27,28]. Moreover, this bacterium exhibits a high tolerance towards harsh environmental
conditions and can live in various environmental niches [28], rendering it a valuable host for treating
wastewater pollutants. On the other hand, the ease of preparing various CTS matrices by cross-linking
modifications has been established due to its good hydrophilicity, mechanical stability and degree
of rigidity [29,30]. The immobilization or embedding of various dye-degrading enzymes or cells
with dye-degrading or dye-adsorptive capability on CTS leads to increased decolorization efficiency
through the increased pores on the surface of CTS beads [31] or immobilized enzymes/cells [30].
To further improve the performance of our laccase-based cell surface display system in terms of
decolorization efficiency, stability and applicability for large-scale or continuous processes, in the
present study, using a self-configuring device, a facile and applicable CTS-microsome preparation
system was self-assembled and used to prepare five CTS microbead (CTS-MB) materials with different
microsome sizes from a pulverous CTS substrate. The CTS-MBs were then used to immobilize
engineered P. putida MB285 cells with surface-displayed laccase to construct a “CTS-MB/P. putida
MB285 cell” biosorbent/biodegrading dual-function system. The effects of temperature, pH and
storage time on the laccase activity of the optimal complex were investigated. The interactions between
the CTS-MBs and P. putida cells were examined using scanning electron microscopy (SEM) and Fourier
transform infrared (FT-IR) spectroscopy. The material was then used to decolorize five synthetic

106



Appl. Sci. 2019, 9, 138

dyes and its decolorization efficiency together with its capability during 10 rounds of continuous
decolorization and 6 cycles of re-culturing were investigated.

2. Materials and Methods

2.1. Chemicals, Bacterial Strains and Culture Conditions

Analytical-grade CTS was purchased from Sinopharm Chemical Reagent Co., Ltd. (Wuhan branch,
China). According to the manufacturer’s product manual, this off-white translucent powder product is
a water-insoluble but dilute acid-soluble polymer with a chemical formula of (C6H11NO4)n, an average
molecular weight of 6.2 × 105 Da and a degree of deacetylation of ≥90.0%. Five industrial-grade dyes
(Table S1) that belonging to four structural categories were used for the decolorization experiments:
azo dyes Acid Red 18 (AR18) and Direct Red 243 (DB243), anthraquinone dye Acid Green 25 (AG25),
phthalocyanine dye Reactive Blue 220 (RB220) and tribenyldioxazine dye Reactive Blue 198 (RB198).
Among these dyes, AG25 and AR18 were purchased from Thailand Modern Destuffs & Pigments
Company (Lardpraw 94, Bangkok, Thailand) and RB198, RB220 and DR243 were purchased from
Jinsheng Dyestuff Chemical Co., Ltd. (Jinan, China). Other chemical reagents were purchased from
Sinopharm Chemical Reagent Co., Ltd. and were of analytical grade. The recombinant P. putida MB285
strain [21] was routinely grown at 28 ◦C in lysogeny broth (LB) medium [32] containing 500 μg mL−1

(final concentration) of carbenicillin.

2.2. Preparation of CTS-MBs

The technical process for preparing the CTS-MBs with surface-grafted aldehyde groups
(i.e., the activated CTS-MBs, aCTS-MBs in brief) and the complex with immobilized P. putida cells
(i.e., the aCTS-MBs complexed with P. putida cells, bacCTS-MBs in brief) is illustrated in Figure 1. First,
2 g of CTS powder was dissolved in 100 mL of a 1% (v/v) acetic acid solution, followed by vigorous
stirring with a magnetic stirrer for at least 12 h. To prepare CTS-MB with different particle sizes,
we designed and self-assembled a set of facile preparation devices consisting of a constant flow pump,
a DC high-voltage power supply (HV-PS), a magnetic stirrer and a medical needle (30 G) that was
placed at a height of 3.5 cm over a NaOH-ethanol solution (Figure S1). The negative electrode of the
HV-PS was connected to a copper ring that was immersed in a NaOH-ethanol solution and the positive
electrode of the HV-PS was connected to a needle. CTS-MBs formed in the NaOH-ethanol solution
when the CTS solution was titrated from the needle at a flow rate of 0.05 mL min−1 and was stirred at
200 rpm. By adjusting the voltage of the HV-PS from 5.3 kV to 0 kV, five CTS-MB preparations with
particle diameters ranging from 450 μm to 2100 μm were made. For each, the collected CTS-MBs were
washed with double distilled water (ddH2O) to remove NaOH.

Figure 1. Schematic illustration showing the preparation of the bacCTS-MB complex. 1, Preparation of
the CTS-MBs; 2, Surface grafting of aldehyde groups on the CTS-MBs (aCTS-MBs); 3, Immobilization of
P. putida MB285 cells onto the aCTS-MBs via covalent cross-linkages to prepare the bacCTS-MB materials.
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2.3. Surface Aldehyde Modification of the CTS-MBs and Immobilization of P. putida MB285 Cells

To prepare the aCTS-MBs, 2 g of each of the above CTS-MB preparations were dispersed and
suspended in 10 mL of 8% glutaraldehyde. Each suspension was shaken for several minutes and
modified CTS beads with surface-grafted aldehydic groups were then obtained by centrifugation and
washing with ddH2O.

To immobilize P. putida cells onto the aCTS-MB materials, an overnight culture of P. putida
MB285 cells (approximately 1 × 1010 cells mL−1) was harvested, washed three times with sterile
phosphate-buffered saline (PBS) (pH 7.4) and diluted to a unit cell density (OD600 of 5.0) using PBS
buffer (pH 7.4) to make a stock cell suspension. Subsequently, 100 mL of the MB285 cell suspension and
an appropriate amount of each aCTS-MB material were added to a 250-mL Erlenmeyer flask (enough
to fully immerse the material in the cell suspension). Each mixed suspension was then incubated
with agitation at 60 rpm to prepare a complex with CTS-MBs crosslinked by P. putida MB285 cells.
The crosslinking reaction temperature ranged from 4 ◦C to 36 ◦C, the reaction time from 2 h to 12 h
and the glutaraldehyde concentrations from 0.5% to 8%. The five prepared CTS-MB materials were
subjected to an orthogonal trial (L25, 45) to optimize the reaction conditions for the immobilization of
P. putida cells on the CTS-MB materials. The prepared bacCTS-MB materials were washed with sterile
PBS buffer (pH 7.4) to remove non-crosslinked cells and residual glutaraldehyde and were then stored
at 4 ◦C until use.

2.4. Assay of IBCC-B Enzymatic Activity

The laccase enzymatic activity of the complexes was measured using 2,2′-azino-bis(3-ethyl-
benzthiazoline-6-sulfonic acid) (ABTS) (Amresco) as the substrate at 25 ◦C, according to a previously
described method [22] with minor modifications. Basically, 2 g of each bacCTS-MB complex was
added to the reaction system (10-mL total volume), which contained 0.1 mol L−1 sodium acetate buffer
(pH 2.5), 0.5 mmol L−1 ABTS and 2 mmol L−1 CuCl2. The ABTS oxidation rate was calculated based on
the net increase in absorbance of each reaction mixture at 420 nm using a UV/Vis spectrophotometer
(DU-800 Nucleic Acids/Protein Analyzer, Beckman Coulter, Brea, CA, USA). One unit of enzyme
activity was defined as the amount of enzyme required to oxidize 1 μmol of ABTS per minute.
Each laccase activity assay was performed at least in triplicate.

2.5. Dye Decolorization

Full wavelength (325 nm to 800 nm) scanning of five synthesized dyes was performed using a
UV/Vis spectrophotometer to record their maximal adsorbent peaks (Figure S2), which were used
as the wavelength values for dye absorbance measurement. Decolorization by bacCTS-MB1 was
assessed using a previously described method with some modifications. First, 2 g of each bacCTS-MB1
complex was added to a 10-mL reaction system containing 8.5 mL of 0.1 mol L−1 sodium acetate
buffer (pH 2.5), 0.5 mL of 2 mmol L−1 CuCl2 and 1.0 mL of dye at the final concentration of 1.0 g L−1.
Second, the absorbance of each reaction mixture supernatant was spectrophotometrically measured at
the maximal absorbance wavelength value of each dye (λmax) (Table S1 and Figure S2). Activity was
expressed as the relative decolorization value, which was calculated as follows:

Relative decolorization value(%) =
(A0 − A f )

A0
× 100% (1)

where A0 denotes the initial absorbance value and Af denotes the final absorbance value.
For the ten-round repeated decolorization experiments, 2 g of each prepared bacCTS-MB1 complex

was tested for AG25 decolorizing activity (final concentration of 1 g L−1 AG25) in shake-flask trials in
10 mL of reaction solution at pH 2.5 and 25 ◦C with 180 rpm shaking. After each decolorization reaction
round, the complex was harvested by centrifugation, repeatedly washed with ddH2O and then directly
subjected to the next round of decolorization under similar decolorization reaction condition.
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To examine the decolorizing activity of bacCTS-MB1 after a round of decolorization in conjunction
with culturing for a generation, the supernatant was removed via centrifugation after a decolorization
reaction, repeatedly washed with ddH2O until the supernatant no longer discolored, then 100 mL
of LB broth were added directly into the flask, following by incubation at 25 ◦C for 4 h with
200 rpm of shaking. This procedure was not conducted under strict aseptic conditions. A next-round
decolorization reaction was then carried out under similar reaction conditions. A total of six rounds
of decolorization with five rounds of culturing for a generation were conducted. The decolorization
activity of the bacCTS-MB1 complex with or without culturing for a generation was measured
according to the procedures described above and the relative decolorization value of each reaction was
calculated according to Formula (1).

2.6. Characterization of the CTS-MBs, aCTS-MBs and bacCTS-MBs

The particle sizes of all prepared CTS-MB materials were measured using a Zetasizer Nano-ZS
(Malvern Instruments, Malvern, UK) with 100 randomly selected CTS-MBs from each preparation.
The CTS-MB1, aCTS-MB1, bacCTS-MB1 and P. putida cell samples were dried using vacuum
freeze-drying procedures. These samples were mixed with KBr, pressed into tablets and subjected to
FT-IR spectral analyses using an FT-IR spectrometer (Spectrum One; PerkinElmer, Waltham, MA, USA).
All infrared spectra were recorded within the 480–4000 cm−1 spectral range. For the SEM observations
of aCTS-MB1, bacCTS-MB1 and P. putida cell morphology, a small amount of each prepared sample
was dehydrated using a series of gradient ethanol solutions (40%, 70%, 90% and 100%); subsequently,
the samples were vacuum dried, gold coated using a sputter coater and then observed under a
JSM-6390/LV SEM (NTC, Tokyo, Japan) following the manufacturer’s instructions.

2.7. Data Analysis

Data analysis was performed using SPSS (Statistical Package for the Social Sciences) software,
version 17.0. All data presented are the averages of at least three assays. Statistical significance was
defined as P < 0.05.

3. Results and Discussion

3.1. Preparation and Characterization of the IBCC-B Complexes

Five CTS-MB materials with different particle sizes were prepared from a pulverous CTS substrate
using a self-assembled device (Figure S1). With decreasing HV-PS voltage intensity values, the particle
size of the prepared CTS-MBs increased continuously. As shown in Figure S3, all prepared CTS-MBs
were uniform microspherical beads that were water-insoluble but well-compatible and well-dispersive
in water. Among these CTS-MBs, the CTS-MB1 sample, which was prepared at the maximum working
voltage (5.3 kV), had the smallest average particle size and largest average specific area compared to
those of the other as-prepared materials; conversely, the CTS-MB5 sample prepared at 0 kV had the
largest particle size and smallest average specific area.

The engineered P. putida cells with surface-displayed laccases were immobilized onto the CTS-MBs
through immobilization reactions to construct dual-function biosorbent/biodegrading materials.
To increase the immobilization efficiency, the as-prepared CTS-MB materials were initially modified
with surface-grafted aldehyde groups, which allow P. putida immobilization via covalent crosslinking
to the CTS-MBs in addition to electrostatic and physical adsorption. An orthogonal test at four
factors/five levels with regard to the effects of glutaraldehyde concentration (0.5%, 1.0%, 2.0%, 5.0%
and 8.0%,), reaction time (2, 4, 6, 8 and 12 h), temperature (4, 12, 16, 28 and 36 ◦C) and CTS-MB
preparation (CTS-MB5 to CTS-MB1) was performed to optimize the immobilization reaction conditions
based on the whole-complex laccase activity of each bacCTS-MB preparation (Table S2). Table S3
shows that the four factors exhibited an optimized effect on the CTS-MB-initiated immobilization of P.
putida MB285 in the following order: reaction time > temperature > glutaraldehyde concentration >
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CTS-MB particle size. The optimized factors corresponded to the combination “B3C3A5D5” (Table S3),
indicating that the optimized treatment conditions were as follows: an immobilization reaction
time of 6 h, a temperature of 20 ◦C and a glutaraldehyde concentration of 8% with the smallest
particle-sized CTS-MB1.

Under the above optimized immobilization conditions, complexes bacCTS-MB1s were prepared
by immobilizing P. putida cells onto CTS-MB1s. For comparison, four other complexes (bacCTS-MB2s,
-MB3s, -MB4s and -MB5s) were also prepared in parallel using the CTS-MB2, CTS-MB3, CTS-MB4
and CTS-MB5 matrices, respectively. Figure S4 shows that the bacCTS-MB1s exhibited the highest
whole-complex laccase enzyme activity as well as the highest immobilized count of P. putida cells, —it
is apparently attributable to the smallest specific surface area of CTS-MB1 by which more P. putida
MB285 cells were bound. Therefore, the bacCTS-MB1 complex was selected as the decolorization
material for subsequent experiments.

The immobilization profiles of the bacCTS-MB1 complex, aCTS-MB1s and free P. putida MB285
cells were morphologically examined using SEM. The rugged and porous structures of the aCTS-MB1s
(Figure 2A) were clearly observed and MB285 cells appeared in a naturally dispersed state (Figure 2B).
However, the surface of the bacCTS-MB1 complex was covered by a large number of cells that
formed clusters of cell aggregates (Figure 2C). These results indicated that during the formation of
“CTS-MB/P. putida cells” as an integral composite, the surface-grafted aldehyde groups and porous
and ion-charged surfaces of CTS-MB1 caused the immobilization of P. putida cells, which constitute an
associative biomass.

 

Figure 2. Representative SEM micrograph of the aCTS-MBs (A), P. putida MB285 cells (B) and the
bacCTS-MB1 complex (C).

FT-IR spectroscopic analyses of free P. putida MB285 cells, CTS-MB1s, aCTS-MB1s and
bacCTS-MB1s were performed to verify the chemical groups involved in the binding of the CTS-MBs
and P. putida cells. Figure 3 shows the aCTS-MB1 spectrum in which the displayed peak at
1599 cm−1 that represents the δ(N–H) bending vibration absorption peak of the aCTS-MB1s was
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obviously weakened, whereas the ν(C–N) stretching vibration absorption peak in the 1642–1658 cm−1

region was increased significantly; no significant changes were found in the other absorption peaks,
suggesting covalent binding between the aldehyde groups of glutaraldehyde and the amino groups.
The bacCTS-MB1 spectrum displayed peaks at 1640, 1599 and 1310 cm−1, which represent the ν(C=O)
stretching vibration absorption peak, the δ(N–H) bending vibration absorption peak and the ν(C–H)
stretching vibration absorption peak, respectively; the latter two peaks were both somewhat weakened,
indicating that the acylation in the bacCTS-MB1s was further weakened. Moreover, the ν(O-H) and
ν(N–H) stretching vibration absorption peak at 3430–3440 cm−1 in the bacCTS-MB1 spectrum was
also slightly weakened, which might be due to the binding of amino groups and aldehyde groups
on the surface of the bacCTS-MB1s. These results indicated that the variance of surface groups on
both the aCTS-MB1s and bacCTS-MB1s that result from surface-grafting modification and P. putida cell
immobilization might be involved in the binding of cells to the surface of the CTS-MB1s.

Figure 3. FT-IR spectra for P. putida MB285 cells and the as-prepared CTS-MB1s, aCTS-MB1s
and bacCTS-MB1s.

3.2. Effects of Temperature, pH and Storage Time on the Laccase Activity of the bacCTS-MB1

The effects of different temperatures on the whole-complex laccase activity of the bacCTS-MB1s
and the whole-cell laccase activity of P. putida MB285 cells were comparatively examined at a range
of 15 ◦C to 85 ◦C. As shown in Figure 4A, both the bacCTS-MB1s and MB285 cells exhibited parallel
variation profiles along with increasing temperature. From 15 ◦C to 25 ◦C, the activity of the
bacCTS-MB1s and MB285 cells increased rapidly, with maximum activity observed at 25 ◦C; however,
their activity declined sharply at temperatures above 30 ◦C. Nevertheless, for the bacCTS-MB1 complex,
a greater degree of thermostability was evident, as this enzyme lost only 46.4% of its activity at 55 ◦C,
52.3% at 65 ◦C and 83.2% at 75 ◦C, whereas the MB285 cells lost 57.8% of their enzyme activity at
55 ◦C, 72.6% at 65 ◦C and 94.8% at 75 ◦C. Therefore, the bacCTS-MB1 complex exhibited improved
thermostability towards higher temperatures.

Figure 4B shows that although the pH range of the bacCTS-MB1 complex and P. putida cells
extended from pH 1 to 7, the optimal pH value was 2.5, indicating that the cross-linking immobilization
did not alter the optimal pH value of the P. putida MB285 laccase. Even at in a pH value range of 3 to 7,
the bacCTS-MB1 complex retained more stable laccase activity compared to that of the free P. putida
MB285 cells, suggesting a sheltering effect of the CTS-MB1 matrix on the immobilized cells, which led
to the improved performance of the bacCTS-MB1s at higher pH values.
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Figure 4. Effect of temperature (A), pH value (B) and storage time (C) on the whole-complex laccase
enzyme activity of the bacCTS-MB1 complex. Whole-cell laccase enzyme activity of P. putida MB285
cells alone was assayed in parallel.
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The bacCTS-MB1 complex and a P. putida MB285 cell suspension were stored at 4 ◦C for 30 days
to monitor laccase activity attenuation. As shown in Figure 4C, the bacCTS-MB1 complex was more
stable, retaining its enzyme activity over the 30 days of incubation, with the loss of only 15% of its
activity at day 15, 20% at day 20 and 29% at day 30; conversely, the free P. putida MB285 cells lost
38% of their enzyme activity at day 15, 40% at day 20 and 46% at day 30. These results indicate that
a CTS matrix platform is apparently conducive to retain the activity of P. putida MB285 cells with
surface-displayed laccase enzymes.

3.3. Dye Decolorization by the bacCTS-MB1 Complex

Prior to dye decolorization using the bacCTS-MB1 complex, single factor tests for reaction
time, bacCTS-MB1 loading, pH, temperature and shaking speed with 1 g L−1 of the representative
anthraquinone dye AG25 and the azo dye AR18 were performed to optimize the degradation reaction
conditions. The time-course patterns of AG25/AR18 decolorization were initially determined using
2 g of the bacCTS-MB1s under the following reaction conditions: pH 2.5, 25 ◦C and a shaking speed
of 180 rpm (Figure 5A). The results showed that the decolorization of both AG25 and AR18 occurred
rapidly, with approximately 90% of the reaction equilibrium value attained within the first 20 min and
an increasing trend maintained until 30 min, at which time the final decolorization reaction equilibrium
was reached. Therefore, 30 min set as the reaction time for the other factor experiments. Figure 5B
shows that the decolorization of AG25 and AR18 using 2 g of the bacCTS-MB1s reached its maximal
value in a 30-min reaction. Figure 5C,D show that the bacCTS-MB1s were capable of decolorizing AG25
and AR18 across a wide pH range of 2.5–8.5 and a relatively broad temperature range of 15–85 ◦C. At an
optimal pH value of 2.5 and an optimal temperature of 25 ◦C, the decolorization reached its maximal
value in 30 min. Figure 5E shows that shaking increased the decolorization reaction compared to static
conditions, with every shaking speed increasing the relative decolorization rate. Although shaking
at 240 rpm exhibited faster decolorization of AG25 compared with that of 180 rpm, both reached
similar decolorization values of AG25 and AR18 in 30 min. Thus, the optimized decolorization reaction
conditions were defined as follows: a reaction time of 30 min with a loading of 2 g of the bacCTS-MB1s
at a pH of 2.5, a temperature of 25 ◦C and a shaking speed of 180 rpm.

The decolorization capacity of the bacCTS-MB1s on five industrial dyes was determined under
optimized shake-flask incubation conditions. Figure 6 shows that the bacCTS-MB1 complex exhibited
remarkable dye decolorization, with a maximum relative decolorization value of 96.2% for AG25, 95.6%
for AR18, 96.3% for RB198, 95.7% for RB220 and 94.3% for DR243 in 30 min (Figure 6A); conversely,
the cell-free CTS-MBs exhibited limited decolorization capacity with 29.0%, 28.7%, 16.2%, 36.0% and
21.9% decolorization values, respectively (Figure 6B). These results indicated that the immobilized
P. putida MB285 cells contributed to the decolorization of dyes and the CTS-MB matrix subsidiarity
increased the total decolorization capacity via its biosorption activity.

Figure 5. Cont.
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Figure 5. Effect of reaction time (A), bacCTS-MB1 loading (B), pH value (C), temperature (D) and
shaking speed (E) on AG25 and AR18 decolorization by the IBCC-B1s. Each reaction included 2 g
(unless otherwise specified) of the bacCTS-MB1s (wet weight) and a final concentration of 1 g L−1 of
the dye substrate.
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Figure 6. Dye decolorization of bacCTS-MB1s (A) and CTS-MB1s (B) towards AG25, AR18, RB198,
RB220 and DR243. Decolorization was performed using 2 g of the bacCTS-MB1s or CTS-MB1s
(wet weight) at 28 ◦C and pH 2.5 with shaking at 180 rpm for 30 min.

3.4. Effect of Repeated Use on AG25 Decolorization by the bacCTS-MB1s

Figure 7 shows that the bacCTS-MB1 complex maintained substantial AG25 decolorization
capacity with repeated use, retaining over 80% of its decolorization value after the first five rounds of
repeated reactions, which represents a loss of only 13% in the 5th round compared to the first round.
Although relatively rapid loss occurred from the 6th to the 10th round, the complex still retained a
relative decolorization value of over 40%. These results reflected the strong viability of P. putida MB285
cells under such treatments, thereby suggesting that the bacCTS-MB1s have good persistent efficacy
during decolorization of the AG25 dye.

 

Figure 7. AG25 decolorization capacity of the bacCTS-MB1s during continuously repeated reactions (A)
and during continuous decolorization and re-culturing cycles (B). In (B), equivalent freshly prepared
bacCTS-MB1s were used as a control for each decolorization reaction cycle.
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3.5. Effect of Re-Culturing Time on Decolorization by the bacCTS-MB1s

The re-culture and reusability of a dye-decolorizing material affects its potential for continuous
decolorization processes. Six continuous rounds of AG25 decolorization and with re-culture were
performed via shake flask trials to examine the effect of re-culture on the decolorization capacity
of the bacCTS-MB1s. Figure 7B shows that the first four rounds of re-cultured bacCTS-MB1s had a
decolorization value approximately 8% greater than that of the directly used bacCTS-MB1 complex
(Figure 7A), indicating that though effective, the re-culturing process was inappropriate during the
first 3-4 rounds of use for the purpose of facile and fast material retrieval.

4. Conclusions

The present study reports a new decolorization material that is capable of decolorizing different
kinds of dyes with high capacity and improved physical strength for potential applications in
large-scale or continuous operations. Following the preparation of CTS-MBs using a self-configuring
device, engineered P. putida MB285 cells with surface-displayed laccases were immobilized mainly
through covalent cross-linkages, thus forming a degrading-biosorption bifunctional complex. SEM
and infrared analysis confirmed the successful immobilization of the cells onto the CTS-MB
matrix. The prepared complexes with maximum whole-complex enzyme activity, bacCTS-MB1,
was used to decolorize five industrially used dyes in shake flask trials. The results showed
that this complex exhibited high decolorization capacity under the optimized reaction conditions.
Moreover, the bacCTS-MB1 complex showed favorable activity with repeated and regenerated
use. Therefore, the bacCTS-MB1 complex efficiently immobilized P. putida cells and demonstrated
enhanced decolorization activity and improved physical strength. This system could be potential
for further applications in large-scale or continuous processes; however, the feasibility of this system
must be validated in naturally occurring, polluted bodies of water where various dyes and other
pollutants coexist and could cause interference. The development of an applicable system based on
the bacCTS-MB1s to treat industrial dye-polluted waters will be our next primary research goal.
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