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Preface
Medical Geology: Impacts of the Natural Environment on
Public Health
Jose A. Centeno, Robert B. Finkelman and Olle Selinus
Reprinted from Geosciences. Cite as: Centeno, J.A.; Finkelman, R.B.; Selinus, O. Medical
Geology: Impacts of the Natural Environment on Public Health. Geosciences 2014, 4, 114-127.
All living organisms are composed of major, minor, and trace elements, given by nature
and supplied by geology. Medical geology is a rapidly growing discipline dealing with the
influence of natural geological and environmental risk factors on the distribution of health
problems in humans and animals [1–3]. As a multi-disciplinary scientific field, medical geology
has the potential of helping medical and public health communities all over the world in the
pursuit of solutions to a wide range of environmental and naturally induced health issues.
The natural environment can impact health in a variety of ways. The composition of rocks
and minerals are imprinted on the air that we breathe, the water that we drink, and the food
that we eat. For many people this transference of minerals and the trace elements they contain
is beneficial as it is the primary source of nutrients (such as calcium, iron, magnesium,
potassium, and about a dozen other elements) that are essential for a healthy life. However,
sometimes the local geology may contain minerals than contain certain elements that naturally
dissolve under oxidizing/reducing conditions in groundwater. In excess, these elements can
cause significant health problems because there is an insufficient amount of an essential
element, or an excess of such elements (such as arsenic, mercury, lead, fluorine, etc.), or
gaseous combinations, such as methane gas, an over abundance of dust-sized airborne
particles of asbestos, quartz or pyrite, or certain naturally occurring organic compounds. The
latter includes findings reported by the U.S. Geological Survey that even groundwater passing
through some lignite beds can dissolve PAHs in sufficient concentrations to cause serious
health issues [4].
Current and future medical geology concerns include: elevated levels of arsenic in drinking
water in dozens of countries including the USA; mercury emissions from coal combustion and
its bioaccumulation in the environment; the impacts of mercury, arsenic, and lead mobilizations
in surface and ground water in regions were artisanal gold mining is conducted; the residual
health impacts of geologic processes such as volcanic emissions, earthquakes, tsunamis,
hurricanes, and geogenic dust; exposure to fibrous minerals such as asbestos and erionite; and
the health impacts of global climate change. Billions of people, most in developing countries,
are afflicted by these and other environmental health issues that can be avoided, prevented,
mitigated or minimized only after detailed and comprehensive research and educational
outreach have been conducted and solutions identified, if possible.

XII
This Special Issue of Geosciences marks an important milestone in the global growth and
maturation of medical geology. The current Special Issue discusses recent advances in medical
geology, providing examples from research conducted all over the world. Among the topics to
be discussed are:
x
x

x
x
x

x
x
x
x
x

Geochemistry of soils and the occurrence of anthrax spores (Griffin et al. [5]);
Health effect associated with inhalation of airborne arsenic arising from mining operations
including coal combustion, hard rock mining and their associated waste products
(Martin et al. [6]);
Risk factors for E. coli O157 and Cryptosporidiosis infection in individuals in the Karst
valleys of East Tennessee, USA (Luffman and Tran [7]);
Assessment of geogenic contaminants in water co-produced with coal seam gas extraction
in Queensland, Australia: Implications for human health risk (Stearman et al. [8]);
Identifying sources and assessing potential risk of exposure to heavy metals and
hazardous materials in mining areas: The case study of Panasqueira Mine (Central
Portugal) as an example (Candeias et al. [9]);
Environmental risk assessment based on high-resolution spatial maps of potentially toxic
elements sampled on stream sediments of Santiago, Cape Verde (Cabral Pinto et al. [10]);
The legacy of uranium development on or near Indian Reservations and health implications
rekindling public awareness (Moore-Nall A. [11]);
Exposure to selected geogenic trace elements (I, Li, and Sr) from drinking water in
Denmark (Voutchkova et al. [12]);
Potential health risks from uranium in home well water: An investigation by the
Apsaalooke (Crow) Tribal Research Group (Eggers et al. [13]);
Impacts of artisanal and small-scale gold mining (ASGM) on environment and human
health of Gorontalo Utara Regency, Gorontalo Province, Indonesia (Arifin et al. [14]).

Finally, this Special Issue follows months of collaboration between the International Medical
Geology Association (IMGA) and Geosciences journal, and it is result of the commitment of
these two organizations of promoting the interest of medical geology worldwide. We believe
that with these types of high quality publications, the medical geology community at large will
now have an authoritative and influential journal in the geoscience community that would
continue to report on significant advances of global impact to the development of medical geology.
Disclaimer: The opinions and/or assertions expressed herein are the private views of the authors,
and not be construed as official or as reflecting the views of the U.S. Department of Health
and Human Services, the U.S. Food and Drug Administration or the U.S. Federal
Government. Under Title 17 of the USA Code, Section 105, copyright protection is not
available for any work of United States Government.
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Anthrax and the Geochemistry of Soils in the Contiguous
United States
Dale W. Griffin, Erin E. Silvestri, Charlena Y. Bowling, Timothy Boe, David B. Smith and
Tonya L. Nichols
Abstract: Soil geochemical data from sample sites in counties that reported occurrences of anthrax
in wildlife and livestock since 2000 were evaluated against counties within the same states (MN,
MT, ND, NV, OR, SD and TX) that did not report occurrences. These data identified the elements,
calcium (Ca), manganese (Mn), phosphorus (P) and strontium (Sr), as having statistically significant
differences in concentrations between county type (anthrax occurrence versus no occurrence).
Tentative threshold values of the lowest concentrations of each of these elements (Ca = 0.43 wt %,
Mn = 142 mg/kg, P = 180 mg/kg and Sr = 51 mg/kg) and average concentrations (Ca = 1.3 wt %,
Mn = 463 mg/kg, P = 580 mg/kg and Sr = 170 mg/kg) were identified from anthrax-positive
counties as prospective investigative tools in determining whether an outbreak had “potential” or
was “likely” at any given geographic location in the contiguous United States.
Reprinted from Geosciences. Cite as: Griffin, D.W.; Silvestri, E.E.; Bowling, C.Y.; Boe, T.;
Smith, D.B.; Nichols, T.L. Anthrax and the Geochemistry of Soils in the Contiguous United States.
Geosciences 2014, 4, 114-127.
1. Introduction
B. anthracis infections in wildlife and livestock have been recognized as a critically important
disease in the United States for over 200 years. Historical data on environmental, weather/climate
and geographical factors that influence the occurrence of these infections are well known and
include; (1) warm seasons during dry periods that follow moderate to heavy precipitation events
(weather/climate); (2) regions containing post-flood organic detritus and/or short dry grazing
grasses (environmental); and (3) topological lows, such as waterholes or riverbanks, calcareous and
alluvial soils with elevated nutrient content and pH values greater than 6.0 (geology). Other
geological factors that may influence B. anthracis outbreak occurrence, as noted through in vivo or
in vitro observations, are elevated phosphate (which results in higher protective antigen
production), magnesium, sodium, copper, zinc (needed for lethal factor production) and manganese
(typically found in very low concentrations in calcareous soils and needed for gene regulation of
exotoxins and antibiotics) [1–5].
There are over 140 strains of Bacillus anthracis, and all pathogenic strains carry both pX01 and
pX02 virulence plasmids [6]. Two separate groups of B. anthracis, the “Ames” and Western North
America (WNA) clades, are responsible for wildlife and livestock anthrax outbreaks in North
America. Animal outbreaks of anthrax are a common occurrence in the contiguous United States,
and they are typically constrained to a few geographical regions (e.g., Texas, Minnesota, Montana
and the Dakotas). The “Ames” or “Ames-like” clade has caused periodic outbreaks in southern
Texas and is believed to have been introduced through the importation of infected livestock during
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European colonization [7,8]. The WNA clade is genetically most similar to isolates of the Eurasian
clade and account for ~89% of non-human cases in North America [7]. It is believed that the WNA
clade was introduced to the Americas by human migration across the Bering Strait that occurred
prior to ~11,000 years ago when the land bridge between Asia and North America last closed at the
end of the Younger Dryas [7,9,10]. Genetic analyses of WNA clade isolates show evidence of a
north to south distribution pattern that is rooted in northern Canada [7]. Costs associated with
outbreaks can be significant. The 2005 North Dakota outbreak was estimated to have cost ~$650
thousand U.S. dollars (costs associated with activities, such as surveillance, diagnosis, immunization
and disposal) [11]. Similarly, the periodic large outbreaks that affect bison and other wildlife in
Canada are believed to cost ~$500 thousand Canadian dollars per episode, and various Canadian
agencies spend an estimated $15 thousand to $26 thousand per year on aerial carcass
surveillance [12]. Even small outbreaks can significantly impact the economic well-being of the
livestock industry, where profit margins are based on low expected annual herd losses [13].
Given the geographic restriction of most annually-occurring cases and outbreaks of anthrax in
the contiguous United States, geochemical data obtained by the U.S. Geological Survey’s (USGS)
“North American Soil Geochemical Landscapes Project” were evaluated in collaboration with the
Environmental Protection Agency (EPA) to determine which elements may influence the
background distribution of this pathogen. These data may help decision makers better prepare for
and mitigate potential or actual outbreak events and provide an accurate graphical representation of
areas within the contiguous United States that favor the natural propagation of this species.
2. Experimental Section
2.1. Sample Sites and Geochemical Data
Using a generalized random tessellation stratified design for sample site selection, 4,857 sample
sites (~1 site per 1,600 km2) were utilized for the USGS North American Soil Geochemical Landscapes
Project, and 209 of those sites were utilized in this study [14]. In a major geochemical mapping
project such as this, the quality of chemical analyses is of utmost importance. Reimann et al.
(2008) recommend the following five quality control (QC) procedures [15]:
•
•
•
•
•

Collection and analysis of field duplicates;
Randomization of samples prior to analysis;
Insertion of international reference materials (RMs);
Insertion of project standards; and
Insertion of analytical duplicates of project samples.

In this project, field duplicates were not collected. This approach was evaluated during the pilot
studies (Smith et al., 2009) and reported on by Garrett (2009) [16,17]. Based on the results of the
pilot studies, it was felt that the additional collection of field duplicates during the national-scale
study would not add significantly to the QC analysis and, therefore, was not worth the added
expense. The remaining four QC procedures were carried out fully.
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To estimate trueness as measured in terms of bias, one or more standards consisting of both
international RMs and internal project standards were analyzed with the project samples. In this
project, trueness estimation was done on three separate levels. The USGS contract laboratory
analyzed an RM with every batch of 48 samples. At the second tier, the USGS QC officer inserted
at least one RM between every batch of 20–30 samples. The USGS principal investigator for the
project (David B. Smith) initiated the final QC tier, which included the insertion of two blind RMs
within each batch of 20–30 samples. Precision was assessed both by repeated analyses of RMs and
by replicate analyses of real project samples. Quality control samples (RMs and analytical
duplicates) constituted approximately 12% of the total number of samples analyzed. A complete
discussion of the QC protocols used in this project, including detailed tables of bias and precision, is
given in Smith et al. (2013) [14].
In short, the <2-mm fraction of each sample that was collected from a depth of 0 to 5 cm below
the soil surface was analyzed for aluminum (Al), arsenic (As), calcium (Ca), iron (Fe), mercury
(Hg), potassium (K), magnesium (Mg), sodium (Na), sulfur (S), titanium (Ti), silver (Ag), barium
(Ba), beryllium (Be), bismuth (Bi), cadmium (Cd), cerium (Ce), cobalt (Co), chromium (Cr),
cesium (Cs), copper (Cu), gallium (Ga), indium (In), lanthanum (La), lithium (Li), manganese (Mn),
molybdenum (Mo), niobium (Nb), nickel (Ni), phosphorus (P), lead (Pb), rubidium (Rb), antimony
(Sb), scandium (Sc), selenium (Se), tin (Sn), strontium (Sr), tellurium (Te), thorium (Th), thallium
(Tl), uranium (U), vanadium (V), tungsten (W), yttrium (Y) and zinc (Zn) [14]. Elemental
concentrations were reported as weight percent (wt % = Al, Ca, Fe, K, Mg, Na, Ti and S) or
milligrams per kilogram (mg/kg) [14].
2.2. B. Anthracis Case and Outbreak Data by State County, 2000–2013
Figure 1 illustrates state counties reporting outbreaks or cases of anthrax in agricultural
animals/wildlife since 2000 (red counties). States utilized for statistical analyses included
Minnesota, Montana, North Dakota, Nevada, Oregon, Texas and South Dakota. State county
outbreak and case data were compiled from state animal health organizations and the National
Animal Health Reporting System [18]. Geochemical sample sites (USGS Geochemical Landscape
Project sample site numbers presented in data tables [14]) were chosen within each county (Table 1).
The following anthrax-positive counties were utilized for statistical evaluation: (1) Minnesota:
Clay, Kittson, Lake of the Woods, Marshall Pennington, Polk and Roseau; (2) Montana: Gallatin,
Sheridan and Roosevelt; (3) Nevada: Washoe; (4) North Dakota: Barnes, Cass, Grand Forks,
Nelson, Pembina, Stark, Steele and Traill; (5) Oregon: Klamath; (6) South Dakota: Aurora, Brown,
Brule, Buffalo, Charles Mix, Corson, Day, Dewey, Hand, Hughes, Hyde, Lyman, Marshall,
Mellette, Potter, Spink, Tripp and Walworth; and (7) Texas: Edwards, Irion, Kinney, McCulloch,
Real, Sutton, Uvalde and Val Verde. In summary, there were 120 sample sites located within these
46 counties.
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Figure 1. Counties (red) in the contiguous United States reporting cases and/or
outbreaks of agricultural/wildlife anthrax since 2000. Counties with no reported cases
(blue) where sample sites were utilized for geochemical statistical analyses versus those
sample sites in counties in the same state that reported cases and/or outbreaks.

State Counties Reporting Outbreaks or Cases of Anthrax in Livestock or Wildlife, 2000–2013 Utilized for Statistical Evaluation
USGS Geochemical Landscape Project sample site numbers (numbers grouped by
State
Counties (total number)
county (total number)
Clay, Kittson, Lake of the Woods, Marshall, Pennington, 2265, 6361, 857, 9094, 7129, 10969, 4825, 4953, 8921, 9177, 12121, 729, 1753,
Minnesota
Polk and Roseau (7)
3545, 6617, 7641 and 2009 (17)
Montana
Gallatin, Sheridan and Roosevelt (3)
2798, 3310, 5246, 6974, 11070, 1854, 7742 and 12414 (8)
Nevada
Washoe (1)
671, 1503, 2719, 3551, 5791, 6815, 8863, 9695, 10719, 11743 and 12447 (11)
North
Barnes, Cass, Grand Forks, Nelson, Pembina, Stark,
601, 1177, 4697, 8793, 3417, 7513, 11609, 5273, 8025, 8345, 9369, 1881, 3966,
Dakota
Steele and Traill (8)
5310, 8062, 12441, 2201 and 6297 (18)
Oregon
Klamath (1)
14, 927, 1951, 5023, 6047, 7162, 8186, 10143, 11258, 12282 and 13215 (11)
1224, 8648, 10120, 4185, 8985, 3528, 4808, 13000, 4296, 12744, 1662, 9086,
Aurora, Brown, Brule, Buffalo, Charles Mix, Corson, Day
South
10878, 12926, 3865, 7961, 3275, 4734, 8830, 10443, 7624, 11720, 1736, 5832,
Dewey, Hand, Hughes, Hyde, Lyman, Marshall, Mellette,
Dakota
9928, 6347, 8904, 1113, 2137, 12377, 3723, 638, 6937, 11033, 89, 200, 712, 456,
Potter, Spink, Tripp and Walworth (18)
2504, 10891, 11464, 2841 and 10009 (43)
Edwards, Irion, Kinney, McCulloch, Real, Sutton, Uvalde
Texas
4804, 8900, 12095, 7364, 9656, 3356, 6092, 708, 6596, 11716, 7452 and 12996 (12)
and Val Verde (8)
State Counties Not Reporting Outbreaks or Cases of Anthrax in Livestock or Wildlife, 2000–2013 Utilized for Statistical Evaluation
1077, 11317, 12341, 473, 1653, 1689, 3289, 2677, 3701, 4725, 6005, 7797 and
Minnesota
Aitkin, Itasca and St. Louis (3)
8245 (13)
Montana
Glacier, Toole and Liberty (3)
3502, 11694, 2222, 3246, 7342, 10414, 11438, 6318 and 8366 (9)
271, 1359, 2015, 2063, 3087, 3407, 4367, 8463, 9231, 9551, 10255, 11279, 11375
Nevada
White Pine (1)
and 11999 (14)
North
Burke, Divide, Mclean, Mountrail, Renville, Ward and
7150, 11246, 12270, 3054, 6462, 7486, 10558, 318, 11326, 2030, 62, 5438, 9534,
Dakota
Williams (7)
3134, 7230 and 13118 (16)
3342, 6926, 8974, 9742, 10510, 13070, 1102, 1550, 2574, 4174, 4622, 5198, 5646,
Oregon
Baker and Grant (2)
9294 and 12366 (15)
South
Custer, Fall River, Pennington and Shannon (4)
1675, 4811, 11147, 3979, 13003, 651, 4123, 4747, 5771, 8395 and 12491 (11)
Dakota
Texas
Briscoe, Cottle, Dickens, Floyd, Hall, King and Motley (7) 4735, 3967, 7039, 11135, 191, 11391, 8063, 11647, 6015, 10111 and 4287 (11)

Table 1. State, county and U.S. Geological Survey’s (USGS) sample site data [14].
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The anthrax-negative counties utilized for statistical evaluation (these were chosen randomly
without knowledge of site geochemistry from each relevant state after the anthrax positive counties
were mapped) included: (1) Minnesota: Aitkin, Itasca and St. Louis; (2) Montana: Glacier, Toole
and Liberty; (3) Nevada: White Pine; (4) North Dakota: Burke, Divide, Mclean, Mountrail,
Renville, Ward and Williams; (5) Oregon: Baker and Grant; (6) South Dakota: Custer, Fall River,
Pennington and Shannon; and (7) Texas: Briscoe, Cottle, Dickens, Floyd, Hall, King and Motley.
In summary, there were 89 sample sites located within these 27 counties.
2.3. Statistics
The non-parametric Mann–Whitney U test was utilized to evaluate differences in geochemistry
between counties where anthrax outbreaks or cases had been reported since the year 2000 and counties
within the same states where no cases were noted for the same time period using SPSS (IBM,
Tampa, FL, USA) [19]. In the USGS Geochemical Landscape Project element concentration data set,
there are values expressed as below minimum detection limits (MDL) for certain elements (Ag = 189
of 209, Cs = 170/209, Cd = 19/209, S = 2/209, Se 67/209 and Te = 198/209 data points). For statistical
analyses, those values were set at the MDL for the respective elements (e.g., <1 is set at 1).
3. Results and Discussion
Comparing 120 sample sites from 46 counties (seven states, MN, MT, NV, ND, OR, TX and
SD) that had reported anthrax outbreaks or cases to 89 sites from 27 counties (same states) that did
not report outbreaks or cases resulted in the identification of seven elements with statistically
significant differences in their respective concentrations (Table 2, all counties, Column 2). These
elements included Ca (p = 0.006), Nb (p = 0.035), Ni (p = 0.028), P (p = 0.028), S (p = 0.002), Sn
(p = 0.024) and Sr (p = 0.041). With the exception of Nb and Sr, the total state average of
elemental concentrations was higher in anthrax-positive counties. When the elements were looked
at individually, several trends emerged.
3.1. Strontium
When contrasting the elements by each state, only Sr had average concentrations that were
higher in all anthrax-positive counties versus anthrax-negative counties, and the lowest observed
concentration was 116 mg/kg. Strontium data were significantly different in three of the seven states.
3.2. Calcium
These concentrations were similar in both types of counties, with only one instance where
average concentrations in negative counties exceeded positive counties, and that was in NV at 5.05 and
3.03 wt %, respectively. This anomaly can be explained in that the average concentrations in both
the negative and positive counties were the second and third overall highest average concentrations
in comparison to the data obtained from each of the other evaluated states. Overall, calcium data
were significantly different between county types in three of the seven states.

Nb

Na

Mo

Mn

Co
Cr
Cu
Fe
Ga
K
La
Li
Ln

Ca

Be
Bi

Ba

As

Al

Element

0.072
[761/702]
0.128 *
[0.9/1.0]
0.693
[1.2/0.9]
0.035 *
[7.9/9.0]

0.006
[3.3/1.8]

0.223 *
[582/634]

All Counties
46 (120)/27 (89)
0.791
[5.9/5.3]

0.019
0.006
[530/304]
0.001
[1.1/0.6]
0.001 *
[0.2/0.5]
0.021
[10.1/7.5]

0.019*

0.019

0.002
0.000
[10.4/1.1]

[4.2/3.9]
0.018
0.001 *
[283/444]

Texas
8 (12)/7 (11)

[6.8/6.8]

[0.8/0.9]

[0.8/0.8]

0.045
[783/602]

[1.8/1.4]

0.001 *
[556/627]

[4.6/4.7] *

N. Dakota
8 (18)/7 (16)

[8.8/9.9]

0.01
[1024/530]
0.009 *
[1.2/1.5]
0.001
[0.9/0.6]

0.004
[1.3/0.7]

[691/755] *

[5.1/4.8]

S. Dakota
18 (43)/4 (11)

[5.7/6.1] *

[1.1/1.1] *

0.004 *
[463/1144]
0.002 *
[0.4/0.8]

0.005
[2.2/1.0]

0.021 *
[485/520]

[4.5/4.1]

Minnesota
7 (17)/3 (13)

[10.2/12.7] *

[2.2/1.0]

[1.3/1.2]

0.014
[925/569]

0.004 *
0.001 *

0.000
0.000

[3.0/5.1] *
0.000

0.015 *

0.001
[928/672]

Nevada
1 (11)/1 (14)
0.000
[8.4/5.6]

[0.9/1.3] *
0.02
[2.3/1.6]
0.000 *
[6.2/10.8]

[1120/1343]

0.023 *

[2.6/2.5]
0.023 *

[528/682] *

Oregon
1 (11)/2 (15)
0.001
[9.6/8.0]

[7.7/9.3] *

[0.9/0.9]

[0.7/1.1] *

[487/424]

0.012 *

0.034 *

[1.9/0.9]

[599/740] *
0.041 *

Montana
3 (8)/3 (9)
0.034 *
[4.7/5.7]

Table 2. The significance (Mann–Whitney U test p-values; in bold where <0.05) of elemental concentrations (averages in brackets [#/#]
where there was an overall or greater than two state significant p-values) in counties reporting outbreaks or cases of anthrax in livestock
and wildlife versus counties that have not reported outbreaks or cases of anthrax since the year 2000.
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0.498 *
[0.4/0.47]
0.837 *
[1.90/1.91]

0.024
[1.53/1.34]
0.041
[250/169]

All Counties
46 (120)/27 (89)
0.028
[21/18]
0.028
[761/692]
0.190 *
[16/18]
0.21 *
[58/70]
0.002 *
[0.05/0.06]

0.04
0.018

[1.70/1.71] *

0.029
[0.46/0.35]

[116/86]

[3.67/1.19]

[69/64]
0.000
[0.06/0.02]
0.000

[15/12]
0.003
[580/330]
0.004
[16/13]

Texas
8 (12)/7 (11)

[0.44/0.43]
0.006
[1.92/1.45]

[165/154]

[1.03/0.93]

[0.05/0.04]

[64/64]

[14/13]

[19/17]
0.002
[652/518]

N. Dakota
8 (18)/7 (16)

0.015 *

[0.52/0.55] *
0.007 *
[1.99/2.40]

0.003 *
[1.18/1.40]
0.003
[170/137]

[0.05/0.04]

[69/67]

S. Dakota
18 (43)/4 (11)
0.01
[25/15]
0.01
[737/566]
0.000 *
[16/21]

[2.11/1.14]

[0.35/0.36] *

[189/179]

[0.89/0.95]

[0.04/0.04]

[58/60] *

[675/620]
0.013 *
[14/18]

[15/14]

Minnesota
7 (17)/3 (13)

[2.05/2.42] *
0.000

0.029 *
[1.46/1.81]
0.000
[457/262]
0.001 *
0.000
0.002 *
[0.37/0.61]

[0.06/0.03]

[818/886] *
0.023 *
[16/21]
0.001 *
[61/106]

[16/14]

Nevada
1 (11)/1 (14)

0.008 *

[1.42/1.69] *

0.013 *
[0.23/0.35]

[1.39/1.75]
0.000
[495/229]
0.012 *

[0.03/0.03]
0.045 *

[1,203/1,099]
0.043 *
[11/13]
0.012 *
[27/43]

[42/30]

Oregon
1 (11)/2 (15)

0.021 *

0.036 *
[0.44/0.62]
0.023 *
[1.80/2.58]
0.014 *

[157/140]

[1.09/1.34]

[0.06/0.19] *

[14/25] *
0.034 *
[61/84]

[658/827] *

[14/20] *

Montana
3 (8)/3 (9)

Elements Cd, Ce, Hg, Mg and Sc did not show significance in any of the states and were not included to simplify the table.

reported cases]. * = lower concentration in anthrax-positive counties. Elemental concentrations are reported as weight percent (wt % = Al, Ca, Fe, K, Mg, Na, Ti and S) or mg/kg [14].

cases (the total number sample sites in those counties used for analyses). [#/#], [the average concentration in counties with reported cases/average concentration in counties with no

Notes: Numbers under column titles = the number of counties with anthrax cases (the total number of sample sites in those counties used for analyses)/the number of counties with no

V
W
Y
Zn

U

Tl

Th
Ti

Sr

Sn

Sb

S

Rb

Pb

P

Ni

Element

Table 2. Cont.
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3.3. Phosphorus
Phosphorus concentration averages in NV (886 mg/kg) and MT (827 mg/kg) were greatest in
negative counties, but these concentrations were the third and fourth highest overall concentrations
in comparison to the data obtained from the other states. Overall, P data were significantly different
in three of the seven states.
3.4. Nickel
Average Ni concentrations by state, with the exception of MT, were higher in anthrax-positive
counties. The Ni concentrations in the MT counties averaged 20 mg/kg, which was the fourth
highest overall. The only significant difference in Ni concentrations by state occurred in SD.
3.5. Niobium
Significant differences in total Nb concentrations occurred with only two states showing
contrasting data, TX and OR, with average concentrations higher in anthrax-positive counties and in
anthrax-negative counties, respectively.
3.6. Manganese
Manganese concentrations, while not significant for the total data set (p = 0.07), were significant
when contrasting counties in TX, ND, SD, MN and NV. Only in MN was a significant difference
noted where the Mn average concentration was greater in negative counties, and in this instance,
the negative county average was the second highest observed (1144 mg/kg) across all states.
Elevated concentrations such as this may mask a relationship.
3.7. Sulfur
The total S significant difference (high concentrations in negative counties) occurred over a
small concentration range (0.02 to 0.19 wt %), and the only state-level significant difference that
occurred was with the TX data set, which was opposite (high concentrations in positive counties) of
the total.
3.8. Other Elements
Similar to the observation with sulfur, the total Sn significant difference (high concentrations in
positive counties) was opposite that observed with the two state-level data sets. Several other
elements, such as Al, Ba, Mo, Na, Pb, Rb and Tl, exhibited significant differences in multiple or
individual states, but in many cases, one state produced a significant difference in anthrax-positive
counties and, in another, in anthrax-negative counties. Cesium data produced a significant p-value
below 0.05, but this was dismissed, due to the fact that 170 of the 209 data points were below the
MDL. Of the remaining four elements (Ag, Cd, Te and Se) with MDL data, none produced
p-values below 0.05.
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Figure 1 illustrates the counties used for statistical analyses and the data (Mann–Whitney U
p-values and, in relevant cases, the average elemental concentrations) are listed in Table 2. Of the
40 elements screened, seven (Ca, Nb, Ni, P, S, Sn and Sr) gave significant differences when
samples from all seven states were evaluated as a whole. Of these, eight were positive (meaning the
concentration was higher in anthrax counties) significant differences and one (Nb) was negative
(the concentration was lower in anthrax counties). The Nb differences resulted in both negative
(OR) and positive (TX) “by state” results, questioning the strength and/or validity of this “total”
observation. The overall differences in concentrations of other elements, such as Ni and S, also
resulted in both significant negative and positive results, and thus, the overall observation is either
weak or not valid. The significant difference with Ni is also considered weak given that this was
derived from a single positive difference (p = 0.01) that was observed within the SD sample set.
This observation was also noted with the S data. It may be that one of these or other elements do
contribute to virulence, but further research is needed to determine the potential role and threshold
concentrations. The remaining three overall positive differences (Ca, P and Sr) had significant
p-values in at least three of the seven states for each element. For Mn, there was one negative (due
to the second highest average concentration at 1144 mg/kg, relative to the overall seven-state data
set average of 808 mg/kg) and four significant positive state data. Manganese was selected for
inclusion in the group of selected relevant elements (Ca, Mn, P and Sr) given the predominance of
significantly positive state data and the skew produced by the lone negative. The regional
distribution and concentration ranges for these four elements (Ca, Mn, P and Sr) and Zn (an
element required for the lethal factor) are illustrated in Figure 2. Calcium, Mn and P have also been
recognized as elements influencing the growth and/or virulence of this pathogen [1,5,20,21]. Other
elements that have been reported to influence this pathogen include Na and S [2,4], and both of
these elements resulted in at least one significantly positive state data set (Table 2). Also of note are
elements, such as Ba and Rb (both close neighbors to calcium and strontium in the periodic table),
which produced multi-state negative significance data, that may inhibit virulence by mechanisms,
such as mimicking a critical virulence element [22]. In this case, the probability of conversion is
suppressed in geographic regions where the mimicking element exceeds a given threshold
concentration. It is interesting (as can be observed in Figure 3) that the concentrations of both of
these elements are relatively low in many of the anthrax-positive counties of ND, SD, MN and TX.
Using concentrations observed at sample sites in the states listed in Table 2 for Ca, Mn, P and
Sr, several tentative threshold concentrations can be selected for each element in regard to the
likelihood of an outbreak occurring at a given location. As an example, the minimum concentration
observed in any of these state counties for Ca is 0.43 wt %, and the lowest significant average listed
in Table 2 is 1.3 wt %. These concentrations can be utilized as putative thresholds for an
investigative tool to determine the likelihood of a naturally occurring outbreak being “potential” at
0.43 wt % or above and “likely” at 1.3 wt % or above. Similarly, “potential” and “likely”
thresholds can also be set for Mn (144 and 463 mg/kg), P (180 and 580 mg/kg) and Sr (51 and
170 mg/kg). Figure 4 illustrates those sample sites where those upper or “likely” concentration
levels occurred both individually and in combination.
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Figure 2. Calcium, phosphorus, manganese, strontium and zinc soil concentration
gradient maps for the contiguous United States. Red counties = cases and/or outbreaks
of agricultural/wildlife anthrax since 2000. Blue counties = no reported cases and
utilized for geochemical statistical comparisons with red counties.

Figure 3. Barium and rubidium soil concentration gradient maps for the contiguous
United States. Red counties = cases and/or outbreaks of agricultural/wildlife anthrax
since 2000. Blue counties = no reported cases and utilized for geochemical statistical
comparisons with red counties.
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Figure 4. USGS Geochemical Landscape Project sample sites where the average
statistically significant concentrations of Ca, Mn, P and Sr were equal to or exceeded
1.3 wt %, 463 mg/kg, 580 mg/kg and 170 mg/kg, respectively. Individual maps and one
combined showing the sites where each of these concentrations occurred.

4. Conclusions
The evaluation of geochemical data from a series of selected sample sites in seven states
identified four elements that had significant differences in concentrations between anthrax-positive
and anthrax-negative counties. The elements were Ca, Mn, P and Sr, which in part match historical
observations. Tentative threshold values based on the lowest concentrations and the lowest average
concentrations of each of these elements, in the anthrax positive-counties utilized in this study,
were identified for use as prospective tools for determining whether or not a naturally occurring
outbreak had “potential” or was “likely” at any given geographic location. While these elemental
threshold values are preliminary in nature, they present an investigative tool that can be refined
through future high-resolution studies that need to be conducted in and around “endemic” areas.
The USGS data set is a valuable tool that can be used to determine the background distribution of
pathogens in soils of the contiguous United States. Being able to predict the natural occurrence of
this agent may help guide animal and public health planning and response efforts. These data also
provide insight to assist in environmental remediation decisions following a suspected outbreak or
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release of this agent and, overall, provide a roadmap forward for investigating the natural background
occurrence of other select agents.
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Health Effects Associated with Inhalation of Airborne Arsenic
Arising from Mining Operations
Rachael Martin, Kim Dowling, Dora Pearce, James Sillitoe and Singarayer Florentine
Abstract: Arsenic in dust and aerosol generated by mining, mineral processing and metallurgical
extraction industries, is a serious threat to human populations throughout the world. Major sources
of contamination include smelting operations, coal combustion, hard rock mining, as well as their
associated waste products, including fly ash, mine wastes and tailings. The number of uncontained
arsenic-rich mine waste sites throughout the world is of growing concern, as is the number of
people at risk of exposure. Inhalation exposures to arsenic-bearing dusts and aerosol, in both
occupational and environmental settings, have been definitively linked to increased systemic
uptake, as well as carcinogenic and non-carcinogenic health outcomes. It is therefore becoming
increasingly important to identify human populations and sensitive sub-populations at risk of
exposure, and to better understand the modes of action for pulmonary arsenic toxicity and
carcinogenesis. In this paper we explore the contribution of smelting, coal combustion, hard rock
mining and their associated waste products to atmospheric arsenic. We also report on the current
understanding of the health effects of inhaled arsenic, citing results from various toxicological,
biomedical and epidemiological studies. This review is particularly aimed at those researchers
engaged in the distinct, but complementary areas of arsenic research within the multidisciplinary
field of medical geology.
Reprinted from Geosciences. Cite as: Martin, R.; Dowling, K.; Pearce, D.; Sillitoe, J.; Florentine, S.
Health Effects Associated with Inhalation of Airborne Arsenic Arising from Mining Operations.
Geosciences 2014, 4, 128-175.
1. Introduction
Arsenic is the 20th most abundant element in the earth’s crust and may be released into the
atmosphere as a result of natural processes and anthropogenic activities [1]. Environmental arsenic
is released via chemical and physical weathering processes, biological activity and volcanic
emissions, while anthropogenic sources include mining, metal smelting and burning of coal.
Annual global arsenic emissions are estimated to be 24,000 t [2], with around 60% originating from
copper smelting and coal combustion alone [3]. In some urban and highly industrialized areas, less
than 2% of the atmospheric arsenic inputs originate from natural sources [3].
Emissions of arsenic-bearing particulate matter (PM) are of particular concern for human
populations living in proximity to an emission source. Arsenic and inorganic arsenic compounds
are classified as Group 1 carcinogens and are associated with cancers of the lung, bladder, kidney,
skin, liver and prostate [2]. It should be noted that within the general population, inhalation is only
considered a minor exposure pathway for inorganic arsenic compounds, and ingestion is considered
the primary exposure pathway [2]. However, populations living in the vicinity of an arsenic emission
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source have an increased risk of additional exposure through inhalation of arsenic-contaminated
particulates [4–9].
Despite their substantial contribution to global atmospheric arsenic species, mining operations
play an understudied role in the generation of contaminated dust and aerosols [10]. To identify
some of the emerging issues associated with arsenic in particulate matter this review presents key
findings from a range of distinct but complimentary areas of research within the multidisciplinary
field of medical geology, including geochemistry, toxicology, biomedicine and epidemiology. We
will discuss two key themes: (i) the origin, occurrence and current monitoring of mining-related
arsenic in the atmosphere; and (ii) the current understanding of the health effects of inhaled arsenic,
citing results from various toxicological, biomedical and epidemiological studies.
2. Mining Operations as a Source of Airborne Arsenic
For brevity, the term “mining operations” is utilized throughout this paper to include all mining and
mining-related activities including extraction, mechanical and high temperature processing,
transportation, and storage of mine waste products. To compare or describe the impacts of different
types of mining operations, specific mining terms are used.
2.1. Generation of Dust and Aerosol: An Overview
Mining operations release arsenic into the atmosphere via wind-borne dispersal of arsenic-laden
particulates [11], with dust being the dominant transport medium for these emissions [3]. Active
mining operations produce and/or mobilize dust to varying degrees in all stages of the mining
process: during the removal of overburden; in all aspects of the handling of ore, including its
extraction, transportation and further processing; as part of waste disposal operations; and as a
result of wind erosion of exposed areas [12–15]. Mining operations associated with an opencut coal
mining operation in India, for example, generate 9.4 t of dust per day [16]. Active and abandoned
mine tailings, mine sites and processing facilities also represent important sources of dust [17–22].
To demonstrate the potential for mine tailings to generate dust emissions, Figure 1 compares the
total mass distribution (%) by particle size fraction of four different types of arsenic-bearing gold mine
tailings in an historical mining region in regional Victoria, Australia. Comparable with the findings
of a Californian-based study [21], our data suggest that mine tailings in this locality may contain up
to 45% dust (particles  100 m), as recorded in the fine-grained battery sand (Figure 1C). Future
analysis may reveal the relationship between total arsenic concentration and particle size in these mine
tailings samples.
While most mining operations generate coarse dust, high temperature processes, such as
smelting and coal combustion, are typically associated with fine particulates, accumulation-mode
particulates, and vapors [10]. Coarse particles (2.5 m diameter) are produced by mechanical
processes such as the crushing and grinding of ore, and may be resuspended via wind erosion and
mechanical disturbance [10,23]. Fine (2.5 m) and accumulation mode particles (0.1–2.5 m) are
produced during smelting and combustion through the condensation of high temperature vapors,
diffusion and coagulation [10,23].

17
Figure 1. Percentage mass distribution by particle size fraction for historical mine
tailings including: (A) coarse battery sand; (B) red calcine sand; (C) fine battery sand;
(D) composite coarse/fine battery sand. Size fractions Size fractions 1: >2000 m;
2: 1000–2000 m; 3: 500–1000 m; 4: 250–500 m; 5: 100–250 m; 6: 53–100 m;
7: 53 m. Total arsenic (TAs) concentration (ppm) of each mine waste sample is also
shown. (Our results obtained using a modified sieving method protocol described by
Kim et al. [21]).

Coarse and fine particulates have widely varying atmospheric residence times, and as a result,
widely varying distributions. Arsenic associated with the fine fraction may remain in the
atmosphere between seven [24] and up to 10 days (reviewed in Matschullat [3]), and can travel
long distances [25]. Coarse particulates have a much shorter atmospheric residence time, typically
minutes to hours due to a larger settling velocity [10]. Particle segregation of mine waste can occur
during airborne transport, thereby reducing the size of the individual particles deposited [17]. In
addition to mining operation type, atmospheric contaminant concentrations are also influenced by
the distance and position of a sampling site in relation to the source, the height of the source (e.g.,
chimney or tailings pile), the type of dust suppression or flue gas cleaning, the exit velocity of the
flue gas, and the prevailing wind speed [26] as well as changes in industrial technologies [27].
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2.2. Origin, Production and Release of Particulate Arsenic
It is widely accepted that global atmospheric arsenic fluxes are dominated by mining-related industries
involving high temperature processing [3]. An estimated 60% of global anthropogenically-generated
atmospheric arsenic is attributed to copper smelting and coal combustion, with annual outputs of
12,080 and 6240 t respectively [3]. While it is well-documented that mine tailings represent major
sources of arsenic-contaminated dust throughout the world [10,19,28,29], the contribution by these
sources to total global atmospheric arsenic fluxes is yet to be assessed [3]. The occurrence of
arsenic-bearing phases in unprocessed ore and the generation of particulate arsenic by different
types of mining processes will be reviewed in the following sub-sections.
2.2.1. Smelting Operations
Gold, copper, lead and zinc ores typically contain arsenic-bearing minerals such as pyrite (FeS2),
galena (PbS), chalcopyrite (CuFeS2) and the dominant arsenic-bearing mineral, arsenopyrite (FeAsS),
which contains approximately 46% arsenic by weight [2]. The high temperature purification of
arsenic-bearing ores during smelting and roasting volatilizes arsenic [30,31], and the resultant
vapors may contain up to 95% arsenic [32]. Arsenic in close proximity to smelters and roasters is
typically arsenic trioxide in particulate form [33,34], and depending on the feed material and
extraction process, flue dusts can contain up to 30% arsenic trioxide [35,36]. Fugitive emissions of
particulate arsenic may occur at various stages of high temperature processing, as well as during
the transport and storage of ores, concentrates and waste heaps [37].
Although high efficiency control devices are often employed in smelters to reduce emissions,
the quantity of total arsenic emitted from a single smelting operation can be substantially high.
For example, around 300 t of arsenic are emitted annually from the Copper Smelter Complex Bor,
in eastern Serbia [38]. Furthermore, uncontained smelter flue dusts represent an important
potential source of airborne arsenic, compared with other secondary smelter by-products [39]. Over
a period of 20 years, a copper smelter in Japan produced an estimated 9000 t of arsenic-rich flue
dust (19.5 wt % of As) which is currently stockpiled at an undisclosed location in Japan [32].
Stockpiled by-products of the smelting process with high arsenic content present ongoing sources
for redistribution.
2.2.2. Coal Combustion
Coal is a complex mixture of organic and inorganic compounds formed over millions of years
from successive layers of fallen vegetation. Coal contains detectable levels of the vast majority of
elements in the periodic table, including arsenic and other potentially toxic and environmentally
sensitive elements [40,41]. Although much of the arsenic in coal is associated with the inorganic or
mineral fraction (such as pyrite and other sulphide minerals), a significant portion is associated with
organic matter [42,43]. Arsenic concentrations in coal typically range between 1–10 and 1500 mg·kgí1,
but concentrations as high as 32,000 mg·kgí1 have been reported in some super-enriched coal
samples (reviewed in Kang et al. [42]). Arsenic in coal occurs in three non-exclusive distinct
forms: arsenical pyrite, arsenopyrite and arsenate species [44,45].
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During coal combustion, arsenic readily oxidizes to form arsenic oxide vapor [44] which
combines with calcium oxide and condenses on the surface of fly ash particles in the form of
calcium arsenate [46–48]. The inverse correlation between arsenic concentration and particle size
which has been observed demonstrates that volatilized arsenic preferentially adsorbs or condenses
on the finer particles [31]. Furthermore, higher combustion temperatures result in higher concentrations
of particulate arsenic. For example, an increase in total arsenic concentration in PM1 (particulate
matter <1 m) from 0.07 to 0.25 mg·mí3 at respective temperatures of 1100 and 1400 °C was
reported in one study [48].
Solid by-products of the combustion process, including fly ash and bottom ash, are major sinks
for arsenic. An estimated 90% to 100% of arsenic is captured in coal combustion by-products [49],
with a preferential enrichment (up to 80%) for the fly ash component (reviewed in Yudovich and
Ketris [50]). Removal efficiencies of arsenic by particulate control systems such as cyclones,
electrostatic precipitators, wet scrubbers and fabric filters range between 43% and 99%, depending
on the control device used [51]. An early study by Ondov et al. [52] reported that arsenic
penetration through electrostatic precipitators (ESP) and wet scrubbers may be as high as 8.8% and
7.5%, respectively. Despite the widespread use of ESPs in Europe, a reported 575 t of arsenic were
emitted from the combustion of coal during 1990 [35]. Similarly, in China around 550 t of arsenic
were emitted from coal-fired power plants during 2007 [51]. Arsenic emissions arising from coal
burning industries are an ongoing issue of global significance.
2.2.3. Mine Tailings
Fugitive dust emissions from mine wastes and mechanical processes associated with the hard
rock mining industry such as crushing of sulphide ore and concentrates, and mechanical disturbance
and wind erosion of uncontained mine tailings [10,53] are also associated with elevated levels of
arsenic [17–19,54]. This is not surprising given that mine wastes and tailings are often characterized by
extremely high arsenic concentrations. Concentrations in tailings ranging between 2250 and 21,400
mg·kgí1 have been detected in the Zimapan mining district in Mexico [55], and in some historical
gold mine waste disposal areas in Victoria, Australia, concentrations of up to 15,000 mg·kgí1 have
been recorded [56]. The preferential enrichment of arsenic in the finer size fraction in mine
tailings [21,57] suggests that re-suspended dusts are characterized by higher arsenic content than
the material from which it is suspended.
2.3. A Global Issue
The magnitude of the problems associated with arsenic contamination from mining operations is
a serious ongoing issue in many localities throughout the world, and there are no indications
of abatement. If the projected increase in global copper production over the next 20 years is
correct [58], it could be reasonably expected that smelter emissions, and the generation of flue dust
and other associated waste products, will also increase [39]. Furthermore, despite an overall
increase in the number of coal plant retirements in some localities [59], the global demand for coal
is predicted to rise at a rate of 1.3% per year, from 147 quadrillion Btu in 2010 to 180 quadrillion
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Btu in 2020 and 220 quadrillion Btu in 2040 [60]. Expansion of coal consumption reflects
substantial increases in China and India [60]. In India, arsenic-contaminated fly ash from coal
combustion processes occupies more than 65,000 acres, rendering the surrounding land unsuitable
for agriculture [61].
Although not increasing substantially, the number of abandoned mines worldwide runs into
millions [62], and their impact is likely to increase due to population growth and urban expansion.
In the United States of America, 80% of an estimated 46,000 known abandoned mine sites
require further investigation and/or remediation [63]. In Australia, there are more than 50,000 registered
abandoned mines ranging from isolated minor surface works to more extensive and complex
sites [64,65] In Mexico, the area affected by mining activities is estimated to be over 21.7 million
hectares [66]. Each year in China the mining industry produces wastes that occupy an additional
2000 ha [67], and around 4000 Mt of tailings are stockpiled on land that is urgently needed for other
purposes [68].
Given the widespread geographical distribution of arsenic-rich mine wastes and the global
reliance on smelting and coal combustion for various products and services, the systematic
characterization and ongoing monitoring of particulate arsenic generated by mining operations are
becoming increasingly important for reliably determining the impacts on human health and the
environment [45].
3. Monitoring and Assessment
A number of monitoring and assessment studies have been undertaken for different purposes:
(i) to identify the dominant emissions sources of arsenic; (ii) to predict the potential contribution of
an identified arsenic emission source to the atmosphere; and (iii) to identify the airborne arsenic
species (Table 1). For monitoring and reporting purposes, atmospheric total arsenic concentrations
are often compared with the annual mean target value of 6 ng·mí3, as set by current European
Union air quality standards [69]. According to the World Health Organization (WHO) [70], the
excess lifetime risk of contracting lung cancer if continuously exposed to 6.6 ng·mí3 is 1:100,000.
The different methodologies used to collect PM from mining operations are reflected in the
contrasting size fractions and reporting units listed in Table 1. Air monitoring programs use various
types of sampling equipment to collect PM, and the arsenic content of the PM is typically reported
in terms of ng·mí3. Measurement of total suspended particulates (TSP) was the United States of
America standard for atmospheric aerosol until the discovery of the relationship between particle
size and lung deposition of inhaled particles [71].
The smaller the particle, the deeper it will travel into the respiratory tract (RT) and PM10
(particulate matter 10 m) represents the upper limit for tracheobronchial and alveolar deposition in
the human lung [72]. To meet the new PM10 health-based standard (adopted by the USA, Europe and
elsewhere during the mid to late 1980s), collection devices such as the cascade impactor and multiple
orifice uniform deposit impactor (MOUDI) have been used in various atmospheric monitoring
studies [10,18,54]. These sampling systems are designed to collect a pre-selected suite of
aerodynamically-fractionated samples which enables a systematic investigation into the arsenic

21
content of particulates of interest to health. The relationship between particle size and human
exposure will be reviewed in detail in Section 4.
Particulate arsenic may also be measured in size-fractionated mine waste samples generated through
dry sieving bulk samples [21,57]. Similar to the cascade impactor mentioned above, this method
facilitates a systematic characterization of collected mine waste samples but reports the concentrations
in terms of g·gí1. While this technique cannot provide a quantitative assessment of atmospheric
arsenic at a particular location, the data may be useful for predicting potential particulate arsenic
emissions from the source.
Atmospheric arsenic concentrations vary between localities and the type of emission source
(Table 1). The following sub-sections examine the contribution of each emission source to
atmospheric arsenic levels in various localities throughout the world.
3.1. Smelting
Much of the atmospheric arsenic research and monitoring published to date has focused on
emissions from smelting operations. This reflects the dominant contribution by smelter emissions to
global anthropogenic atmospheric arsenic inputs. As reviewed in Matschulatt [3], copper and zinc
smelting activities contribute of 12,800 and 2210 t of arsenic respectively into the atmosphere per year,
whereas steel production contributes a comparatively lower annual quantity of 60 t per annum. It should
also be noted that in some industrial localities, smelting and other processes associated with the
manufacturing of ceramic materials represent important sources of arsenic in the atmosphere [27].
Smelting operations produce the greatest localized air and soil arsenic concentrations while coal
combustion distributes arsenic to the air in substantially lower concentrations over a wider area [73].
In the vast majority of case studies summarized in Table 1, concentrations exceeded, and in
some cases, greatly exceeded, the annual WHO-prescribed target value [70]. In one extreme case,
an average concentration of 330 ng·mí3 was reported in TSP collected approximately 1 km from a
complex lead-copper smelter in Belgium [4]. Similarly, a maximum arsenic concentration of
572.3 ng·mí3 (mean, 93.9 ng·mí3) was recorded in TSP collected in the vicinity of a smelter in
Walsall, UK, during an air monitoring program conducted between 1972 and 1989 [26].
Interestingly, a declining trend in atmospheric arsenic levels was reported at all of the UK
monitoring locations, except the Walsall smelter site [26]. The authors postulated that widespread
industrial switching from coal combustion to oil and gas as a domestic energy source for space
heating was the probable cause for the overall decline in atmospheric arsenic in the UK [26].
Similar results were recorded in an industrial area in Spain, whereby reductions in atmospheric
arsenic concentrations were significantly associated with decreases in industrial activities,
specifically the production of ceramic materials [27].
Although the quantification of arsenic in TSP provides one measurement of arsenic
contamination in the atmosphere, this measurement may underestimate the respiratory health risks
to nearby communities due to the inverse relationship between particle size and arsenic content.
After the introduction of particle size-selective criteria, various studies have measured and
compared arsenic content in the PM10 and PM2.5 fractions collected in the vicinity of smelting
operations (Table 1). Data from these studies suggest a general trend for preferential enrichment in
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PM2.5 [74–76]. For example, an air monitoring study conducted approximately 3.5 km from the
Huelva copper smelter in southwestern Spain found that 85% of the total arsenic concentration in
the PM10 size fraction was concentrated in PM2.5 [77]. Similar studies conducted in the same
locality yielded comparable results [74,75]. In contrast to these findings, one study reported that
PM2.5 collected in the vicinity of a copper smelter in Tacoma, WA, USA, contained only 37% of
the total arsenic in the PM10 fraction (calculated from Polissar et al. [78]). These results highlight
the importance of site-specific investigations during health-based risk assessments.
The greatest atmospheric arsenic levels generated by smelting operations occur in close
proximity to the smelter, and decrease with increasing distance from the source [4,76,77]. Multiple
reports suggest that the maximum concentrations are typically found within 1 km of the smelter
site [4,78–81]. Furthermore, declines in concentrations have been observed over a relatively short
distances. For example, atmospheric arsenic levels at a distance of 1 and 2.5 km from a complex
copper-lead smelter in Belgium were 330 and 75 ng·mí3, respectively [4]. These results were
supported by a complementary soil-based study that documented an exponential decline in soil
arsenic and heavy metal concentrations within 1 km of a lead smelter in the Czech Republic,
followed by a less-steep decrease between 1 and 6 km [37].
Meteorological variables, particularly surface wind circulation, play a critical role in determining
the transport and spatial distribution of the pollution plume from smelting operations [82]. Contrary
to the general trend between concentration and distance from the emission source, Serbula et al. [81]
reported average arsenic levels of 131.4, 51.3 and 93.7 ng·mí3 at respective increasing distances of
0.8 (town park), 1.9 (institute) and 2.5 km (Jugopetrol) from a copper smelter in Bor, eastern
Serbia. Compared with the mid-distance sampling location (institute), the farthest sampling
location (Jugopetrol, which is downwind from the pollution source) experienced high-frequency
exposure to the emissions as a result of dominant WNW and NW winds. To further highlight the
impact of prevailing wind direction, the maximum concentration reported at Jugopetrol was equal
to the maximum recorded at the sampling location closest to the smelter (Table 1). Similar
relationships between atmospheric arsenic (and other metals), and surface wind characteristics in
the vicinity of copper smelters have been documented [74,83]. In addition to wind direction, wind
speed plays an important role in determining particulate arsenic distribution from smelting
operations. The greatest concentrations of arsenic (and other metallic elements) emitted from the
copper smelter in Bor occurred during calm conditions (wind speed less than 0.5 m/s) [38]. Low
wind speeds inhibit the dispersal of local pollution away from the emission source and can
therefore lead to very high localized concentrations of atmospheric pollutants [38].
3.2. Coal Combustion
Global coal combustion contributes an estimated 6240 t of arsenic to the atmosphere each year,
equating to approximately half the contribution from copper smelting [3]. Atmospheric arsenic
concentrations in coal combustion emissions are generally lower and typically distributed over a
wider area. As a possible result of these two factors, coal combustion as a source of atmospheric
arsenic has received less attention in the literature compared with copper/zinc/lead smelting.

23
Much of the research into coal combustion as a source of atmospheric arsenic has been
undertaken in China (Table 1), and a recent review article listed this source as one of the key
contributors to atmospheric arsenic in this country [84]. The mean atmospheric arsenic concentration
for 32 localities across China was 51 ± 67 ng·mí3 (range, 0.03–200 ng·mí3). However, in heavily
industrialized areas such as around Beijing, concentrations may be substantially greater [9].
Given that high temperature processes are typically associated with fine and accumulation-mode
particles, arsenic levels in PM10 and PM2.5 are frequently reported [85–88]. Comparable average
PM10 arsenic concentrations were recorded in Beijing (58.3 ng·mí3) and nearby Taiyuan
(43.36 ng·mí3) whereas the average PM2.5 concentration in Ji’nan (40 ng·mí3) was almost double
that of Beijing (23.08 ng·mí3 Table 1). These values greatly exceed the recommended target value
of 6 ng·mí3.
Wind conditions appear to play an important role in the dispersal of atmospheric arsenic emitted
by coal combustion sources [9]. Consistent with the trend found in the vicinity of smelting operations,
one study [9] reported a statistically significant negative correlation between atmospheric arsenic
concentration and wind speed in Beijing, China (R = í0.31, p < 0.01; Figure 2).
Figure 2. Relationship between total atmospheric arsenic concentration and wind speed
in Beijing, China, for the period February 2009 to March 2011. Reprinted from
Yang et al. [9] with permission from Elsevier.
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3.3. Mine Tailings
Research into mine tailings as a source of atmospheric arsenic has gained momentum in the last
decade. Mine tailings have the potential to generate high levels of dust with extremely high atmospheric
arsenic concentrations, particularly in arid and semi-arid environments [10]. The Rosh Pinah lead and
zinc mine and ore processing plant in Namibia reported a maximum arsenic concentration of
9140 ng·mí3 (median, 4970 ng·mí3) in wind-blown dust from tailings that cover more than 60 ha and
are more than 20 m high [89]. Comparable with the trend observed around smelting operations, the
impact of mine tailings on atmospheric arsenic levels are typically greatest at the source [11,17,18,54].
At the Rosh Pinah mine and ore processing plant atmospheric arsenic levels decreased from
4970 ng·mí3 at the tailings dam to 60 ng·mí3 at a distance of 2.5 km from the mine [89]. This
relationship is most likely a result of the short atmospheric residence time of coarse particles
(2.5 m) typically found in mine tailings [10].
Arsenic enrichment in the finer fractions of size-fractionated mine tailings has been
reported [19,21,57]. Although these findings are not reflective of actual atmospheric arsenic
emissions from a particular source, the finer size fractions are more susceptible to wind-borne
transport and are most likely to be re-suspended by wind or mechanical disturbance. Kim et al. [21]
examined the distribution of arsenic concentration as a function of particle size in mine tailings
samples collected from two different localities in the Randsburg historic mining district in
south-central California, USA. Although there were distinct differences in the arsenic distributions
amongst the wastes, there were obvious inverse relationships between grain size and arsenic
concentration. The high arsenic content recorded in the dust size fraction of each sample (range,
356–8210 ppm) illustrates the potential of their corresponding sources to generate potentially
hazardous emissions [21].
The effects of seasonality on particulate arsenic emissions from mine tailings have also been
investigated. Meteorological factors associated with different seasons, especially rainfall and
temperature, have been shown to have a dramatic impact on arsenic mobility through the air [54,90].
During the dry summer months in the City of Lavrion, Greece, concentrations of arsenic in PM10
increased dramatically (more than 6 times) compared with concentrations during late winter [54,90].
Similarly, a study in Aznalcazar, southwest Spain, found that sporadic rainfall and low convective
atmospheric dynamics during the late winter were associated with relatively low re-suspension of PM
from heavy metal mining wastes [54]. During summer, the combination of intensive convective
circulation and low rainfall facilitates surface drying leading to enhanced re-suspension of PM. Low
rainfall and decreased humidity lead to increased atmospheric particulates, and therefore, increased
atmospheric arsenic concentration [90].
3.4. Arsenic Speciation in Particulate Matter
Environmental arsenic exists in four oxidation states including As(V), As(III), As(0) and
As(-III) [91,92]. The most common forms of arsenic in the environment include the trivalent (arsenite)
and pentavalent (arsenate) species [93], and they are often found occurring together [94,95]. Under
oxidizing conditions, such as in surface soils and water, arsenic typically occurs in the pentavalent
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form [92], whereas in sufficiently reducing environments, or in the presence of a reducing agent,
arsenite is the dominant form [94,96]. It is widely recognized that arsenite species have greater
mobility in the environment [97] and are reported to be 25 to 60 times more toxic than the
corresponding pentavalent forms [98]. Since the oxidation state of arsenic in soil, water, and other
environmental matrices is one of the key factors governing toxicity, speciation analysis is of
interest in human exposure studies.
Speciation analysis has been used widely for the identification and quantification of arsenic
species in bulk samples of surface soils and mine wastes [94,95,99,100]. However, comparatively
less work has been conducted in relation to arsenic speciation in atmospheric PM generated by
mining operations [9,18,44,74–76,83]. Research conducted to date indicates that both arsenate and
arsenite may co-exist in smelter, coal combustion and gold roaster emissions [9,44,45,74–76,83,94]
although reported levels for the trivalent species are generally much lower than those for the
arsenates (Table 1). For example, arsenate and arsenite concentrations in coal combustion
emissions in China were 67 and 4.7 ng·mí3, respectively [9]. Similarly, Oliveira et al. [83] reported
respective arsenate and arsenite concentrations of 10.4 and 1.2 ng·mí3 in copper smelter emissions
in Spain. The presence of arsenite in smelter emissions may result from the reduction of arsenate
by aerosol sulphur dioxide S(IV) complexes during transport of the emission plume [101].
Airborne monitoring programs combined with speciation analysis demonstrate clearly that
airborne arsenic is a serious and ongoing issue in mining communities and heavily industrialized
areas throughout the world.

Huelva, southwest Spain

Huelva, southwest Spain

Huelva, southwest Spain

Bor, eastern Serbia

Cu smelter

Cu smelter

Cu smelter

Cu mining and smelter complex

Huelva, southwest Spain

Huelva, southwest Spain

Cu smelter

Cu smelter

Quillota, Central Chile

Cu smelter

Bor, eastern Serbia

Walsall, UK

Cu smelter

Dunkirk, France

Tacoma, WA, USA

Cu smelter

Cu mining and smelter complex

Belgium

Pb-Cu smelter

Ferromanganese plant

Location

Source

3.5
0.8

PM2.5 (2005)

2
5

PM2.5 (16–22 October 2009)

2.1 ± 4.2 (0–20)

5.1 ± 5.4 (0.5–35.1)

32.97 ± 53.63 (2.4–149)

93.7 (<2–670)
0.65

51.3 (<2–356)
2.5

10.6 (max: 62.1)

1.9

PM10 (January 2003–March 2005)

PM10 (24 March–1 April 2009)

PM10 (15–year average; 1994–2008)

9.18 (max: 60.3)
131.4 (<2–669)

3.5

PM10 (2005)

4.67 (max: 22.4)
3.04 (max: 19.0)

3.5
3.5

7.9 (1.0–56.6)

6.4 (0.8–30.2)

9.9 (1.3–79.8)

7.7 (1.6–29.4)

PM2.5 (2004)

2

2

12.3 ± 1.6 (3.0–33.8)

32.5 ± 33.7 (1.7–196)

93.9 ± 89.7 (10.6–572.3)

4.4 ± 3.6

3.7 ± 9.6

PM10 (2004)

PM2.5 (2002)

PM2.5 (2001)

PM10 (2002)

PM10 (2001)

2

40

PM10 (December 1999–November 2000)
TSP (January–December 2000)

<1

10

90.2 ± 170.7

153.9 ± 269.4

75

2.5
0.8

TAs (Min–Max)
330

Distance (km)
<1

TSP

PM2.5 (January 1985–Febrary 1986)

PM2.5–10 (January 1985–Febrary 1986)

PM2.5 (January 1985–Febrary 1986)

PM2.5–10 (January 1985–Febrary 1986)

TSP (May–September 1978)

Size Fraction (Time Period)

1.4 (0.1–2.7)

0.9 (0.01–1.6)

2.1 (0.4–3.4)

1.2 (0.6–2.2)

1.2 ± 0.3 (0.3–1.8)

As(III) (Min–Max)

6.6 (0.01–56.2)

5.0 (0.01–25.3)

7.8 (0.01–56.2)

6.5 (0.01–25.7)

10.4 ± 1.8 (2.1–30.6)

As(V) (Min–Max)

Table 1. Summary of the average, minimum and maximum total arsenic (TAs) concentrations recorded in particulate matter (PM) from
various mining operations, including smelting, coal combustion and mine waste. Values for TAs are expressed as nanogram per cubic
meter (ng·mí3) unless otherwise specified. Where applicable, all units of distance measurement have been converted to metric system.
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[38]

[81]
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[26]
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Beijing, China

Taiyuan, China

Ji’nan, eastern China

Southwest Virginia, USA

Rodalquilar, southeastern Spain

Rosh Pinah, Namibia

Aznalcazar, South Spain

City of Lavrion, Greece

Nova Scotia, Canada

Coal combustion

Coal combustion

Coal combustion

Coal mine (raw coal)

Gold mine tailings

Pb-Zn mine

Cu-Pb-Zn mine tailings

Historical Ag-Pb mine tailings

Abandoned Au mine tailings

Beijing, China

Beijing, China

Coal combustion

Tsumeb, Namibia

Complex Cu smelter

Coal combustion

Location

Source

190

Low exposure site

221 (4.9–2681)
69 (2–921)

0
0.5

2020
631
337
58.3
13.3

8–4 m (2004)
4–2 m (2004)
2–1 m (2004)
1–0.5 m (2004)

8200

0

>16 m (2004)
16–8 m (2004)

909 (121–3031)

115 (1–791)

Summer

Winter

PM10 Overall average

TSP (20 May–27 December 1998)

1

60 (20–80)

2.5

520 (1–3031)

30 (30–70)

1.5

Ore treatment plant

280 (130–920)

0

4970 (2800–9140)

0

1368 ppm

1581 ppm

Tailings dam

n.a.

0.735

1.6

TSP

Mechanically re-suspended in lab, n=2

PM10

PM10 (7 August 2008)

40 ± 40
0.958

5

43.36 ± 27.61 (11.98–82.55)

23.08

130 ± 60 (30–310)

0.3

PM2.5 (17–28 September 2010)

n.a.
n.a.

PM2.5 (December 2012–January 2013)
PM10 (2–16 March 2004)

n.a.

58.3 ± 60

310

Smelter boundary

12 sites across city

TAs (Min–Max)

Distance (km)

TSP (February 2009–March 2011)

PM10 (2001 and 2006)

PM10 (2010–2011)

Size Fraction (Time Period)

Table 1. Cont.

4.7 ± 3.6 (0.73–20)

As(III) (Min–Max)

Present but not quantified

67 ± 35 (14–250)

As(V) (Min–Max)
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[54]

[89]

[19]

[12]

[88]

[87]

[85]

[9]

[86]

[80]
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Location

Yellowknife, Canada

Butte, Montana, USA

Descarga mine tailings site, USA

Oklahoma, USA

Rio Tinto mines, Spain

China (various localities)

Aspropyrgyros Greece

Source

Former Au mine tailings

Different mine waste types

Ag-Au mine tailings

Pb-Zn mine waste

Cu-Au-Ag mine waste

Smelter & coal combustion

Smelter & other industries

2650 ppm

500–250 m

7060 ppm
8210 ppm

45–32 m
32–20 m

PM2.5 (December 2004–June 2006)

PM10–PM2.5 (December 2004–June 2006)

TSP (December 2004–June 2006)

Average of PM10, PM2.5 TSP and dust

2010/March 2010–February 2011)

Total bulk deposition (March 2009–February

n.a.

1.1 ± 0.3

1.9 ± 0.3

3.4 ± 0.3

51.0 ± 67

0.7/1.0 mg·mí2
1.5

4.4/2.1 mg·mí2

0

0.7/0.5 mg·mí2

0.56 ± 0.33

18

0.5

0.62 ± 0.32

5

0.64 ± 0.48

4720 ppm

75–45 m

PM2.5 (July–September 2005)

3650 ppm

125–75 m

<1

1870 ppm

1000–500 m

3790 ppm

976 ppm

1700–1000 m

n.a.

452 ppm

2830–1700 m

250–125 m

769 ppm
203 ppm

PM10 Mine waste type 4

469 ppm

>2830 m

n.a.

467 ppm

PM10 Mine waste type 3

406 ppm

6 (1–15)

19 (1–76)

TAs (Min–Max)

PM10 Mine waste type 1

<1

Distance (km)

PM10 Mine waste type 2

PM10 (July–September 2004)

TSP (July–September 2004)

Size Fraction (Time Period)

Table 1. Cont.

<0.2

<0.2

<0.2

As(III) (Min–Max)

1.0 ± 0.4

1.7 ± 0.4

3.2 ± 0.4

As(V) (Min–Max)

[76]

[84]

[17]

[11]

[21]

[57]

[104]

Ref.
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4. Human Exposure
Communities living in the vicinity of mining operations may be exposed to airborne
arsenic-contaminated particulates and be at risk of health deterioration though absorption after
dermal and eye contact, or by ingestion after inhalation [28]. However, arsenic absorption through
the skin following dermal and eye contact is a minor contributor compared with ingestion and
inhalation exposures [25] and will not be further discussed here. Furthermore, incidental ingestion
of arsenic-contaminated particulates, usually as a result of contaminated food or water supplies, has
been the most thoroughly investigated pathway, and its significant range of adverse effects have
been well documented following acute, intermediate and chronic exposures [25], negating the need
for further detailed review here.
For the general population, ingestion is typically considered the primary exposure pathway to
arsenic, and inhalation of arsenic bearing PM has been considered to be a minor exposure route [2].
The relatively neglected topic of inhalation exposure with consequent issues linked to airborne PM
containing arsenic species from proximate mining industries needs to be addressed. For example,
exposure assessments of communities living in the vicinity of smelting and coal combustion
operations suggest that inhalation may play a similar, if not more important role than ingestion, in
the overall exposure to airborne particulate arsenic [4,105–107]. In addition, it has been shown that
children are particularly susceptible to inhalation exposure due to: (i) their increased likelihood of
coming into contact with dust [78]; and (ii) children inhale a greater volume of air than adults relative to
their size [108].
Therefore, in the following sections we will consider some of the ways in which inhaled
arsenic-contaminated particulates generated by mining operations may lead to systemic absorption,
toxicity, and arsenic-related disease endpoints. In order to understand how arsenic becomes mobile
(or bioavailable) and exerts its toxic effects in the human body, we will begin with a discussion on
the fate of inhaled particles in the RT with particular emphasis on the role that particle size plays in
determining the ultimate absorption or defense mechanisms.
4.1. Deposition Location and Particle Clearance from the Respiratory Tract (RT)
The location and manner in which PM is deposited in the RT are critical for understanding how
the arsenic-bearing particles might react with different lung constituents. When PM is inhaled, a
proportion of the particles are retained while the remainder are expelled via exhalation. Retained
particles are deposited in different regions of the RT according to their size [109–111] and as a
general rule, the smaller the particle the deeper it will penetrate into the RT and the longer it will be
retained (Table 2; [72,112]). To protect the body against foreign materials, the human respiratory
system has developed a range of physiological lines of defense [113,114]. We will review the
deposition location of inhaled particles as a function of particle size, the methods of clearance from
each location, and pathways for absorption. When referring to the different “deposition regions”,
we use the morphometric model described by the International Commission on Radiological
Protection [115]. This model divides the human RT into three major anatomical regions: (i) the
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extra-thoracic; (ii) the tracheobronchial, and; (iii) the alveolar, which are modeled deposition
locations for the inhalable, thoracic and respirable particulate size fractions, respectively [116].
Table 2. Deposition of PM10 in different regions of the human respiratory tract [115,116]
as a function of particle size (data from Newman [72]), including the estimated
retention time of the particle size in each deposition location (data from Bailey [112]).
Anatomical Region (Corresponding
Particulate Size Fraction)

PM Size (m)

Deposition Location

7–10

Nasal passage

Retention Time

5–7

Pharynx

1 day; small fraction
may be retained for longer
Few minutes

Tracheobronchial (Thoracic)

3–5
2–3
1.0–2.5

Trachea
Bronchi
Terminal bronchioles

Few minutes
Hours to weeks
Hours to weeks

Alveolar (Respirable)

0.5–1.0

Alveoli

50 to 7000 days

Extra-thoracic (Inhalable)

4.1.1. Extra-Thoracic Region (Inhalable Particulate Fraction)
The inhalable particulate fraction (particles up to 10 m in size) consists of particles that can be
deposited into the extra-thoracic region and become trapped in the nasal cavity [109], mouth [116]
and pharynx [117]. The vast majority of particles deposited in the extra-thoracic region are
removed via a combination of nose-blowing, sneezing and mucociliary transport to the
gastrointestinal (GI) tract [117]. Nose-blowing clears from 0.5% to 50% of particles from the front
of the nose, while the remainder is slowly cleared into the GI tract [117]. Particles in the pharynx
may reach the GI tract within one hour following deposition [117], and a very small proportion
(around 0.05%) may be absorbed directly via the pharynx epithelium and cleared into the blood or
lymphatic system [117]. Ingestion is therefore the dominant exposure pathway to particles
deposited in the extra-thoracic region.
4.1.2. Tracheobronchial Region (Thoracic Particulate Fraction)
The thoracic particulate fraction is comprised of particles (1–5 m in size) that penetrate the
extra-thoracic region [116] and deposit in the tracheobronchial region. This region consists of the
trachea, bronchi and terminal bronchioles [115]. Particles deposited here are of particular importance
because lung carcinomas occur preferentially in the bronchial airways [110]. Particles trapped in
the mucous produced by the bronchial epithelial cells are typically cleared by mucociliary transport
into the throat, and then expectorated or swallowed [28,114,118]. While it is generally accepted
that mucociliary transport is the principal clearance mechanism in the first 24 h [118], the rate of
clearance depends upon on the clearance velocity of the mucous, particle shape, charge and surface
geochemistry [119]. Furthermore, the ciliary movement is ineffective if the mucous is not of the
correct viscosity due to illness or pharmacological action [109]. Other clearance mechanisms from
the tracheobronchial region include coughing, absorption through airway epithelium into the blood
or lymphatic system, and phagocytosis [113,118], and depending on the method of clearance,
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particles can be retained in the RT for weeks (Table 2; [112]). As described in sub-Section 4.2, the
solubility of the particle plays an important role in determining which clearance mechanism is
employed and the duration of the retention.
4.1.3. Alveolar Region (Respirable Particulate Fraction)
Airborne particles 1 m can be deeply inhaled into the unciliated airways of the lung (the alveolar
region) and absorbed directly into the pulmonary circulation system [113]. Alternatively, these
particles may be phagocytosed and cleared by alveolar macrophages, and then either absorbed into
regional lymph nodes via lymphatic vessels [120] or transported into the ciliated airways and
cleared via mucociliary transport [121]. This latter process may take weeks to months to
complete [122]. Alveolar macrophages are important cells of the immune system, exhibiting major
phagocytic abilities and in response to inflammatory reactions, release reactive oxygen species
(ROS). Under normal exposure conditions, the components of the inflammatory reaction interact
synergistically with ROS to eliminate foreign material from the respiratory system [123].
4.2. Effects of Exposure Duration and Solubility
Variation in the solubility of different arsenic compounds is important for exposure and risk
assessment studies [57]. In the case of short-term inhalation exposure (minutes to hours), the
number of particles in the RT decreases over time until all particles have been cleared via
phagocytosis and/or mucociliary transport [124]. Deposited particles containing soluble arsenic
compounds may expose nearby cells to a high concentration of arsenic [125], which rapidly
declines as the dissolved arsenic is removed from the lungs [126] via absorptive mechanisms
through the airway epithelium [127]. Lantz et al. [128] proposed that this exposure regime would
reduce the time for interaction with pulmonary cells and tissue. Less soluble particles on the other
hand that are retained in the lung expose the target tissue to arsenic for a longer period of time (up
to weeks), as observed in rodents after intratracheal instillation of inorganic arsenic compounds of
varying solubility [125,126,129,130].
In the case of long-term exposure (days to years), a steady state between deposition and
clearance will be reached and the retained fraction will remain in the lungs for most of the
exposure period [110]. Consequently, retention of particles containing soluble and slightly soluble
arsenic compounds, especially those particles deposited in the alveolar region and sequestered in the
lymph nodes, may expose cells to low doses of arsenic for a prolonged period of time. It is
frequently reported that long-term, low-level exposures to arsenic may be predictive of toxic
effects [126,131,132] and the pathogenesis of lung diseases, such as lung carcinoma [130].
Figure 3 illustrates that following inhalation, arsenic can follow different pathways leading to
systemic absorption, and each pathway is highly dependent upon particle solubility and method of
clearance. Systemic exposure to arsenic may occur as a result of ingestion following mucociliary
clearance, by dissolution in the lung fluid, direct entry into lymph nodes, or by phagocytosis.
Systemic exposure to arsenic following inhalation of arsenic-bearing particulates could therefore be
considered as a multi-pathway process with differing durations and intensities of exposure.
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Figure 3. Potential pathways leading to systemic absorption of inhaled arsenic,
including clearance mechanisms and their associated durations and intensities of
exposure. Adapted from Wang [120].

4.3. Pulmonary Bioavailability of Inhaled Arsenic
The bioavailable fraction of arsenic is considered to be an important determinant of toxicity and
the associated disease response [133]. The term bioavailability may be interpreted in a number of
different ways [134], however and for the purposes of this review paper, the terms bioavailability
and bioaccessibility will be used in accordance with the definitions prescribed by Ng et al. [135].
Briefly, the portion of a contaminant that is absorbed into the body following exposure is referred
to as the bioavailable fraction and is typically measured in vivo [135]. Bioaccessibility on the other
hand refers to the soluble fraction of a compound following in vitro gastrointestinal or pulmonary
extraction, and may be used as a surrogate for estimating the bioavailability of a contaminant [135].
In order to assess the relative risk of inhalation exposure to metal-laden particles of various
origins, simulated lung fluids (SLF) such as Gamble’s solution and artificial lysosomal fluids
(ALF) have been used in various studies [136–139]. Gamble’s solution is an electrolyte fluid
similar in composition to that of interstitial fluid with a pH near 7.4, and aims to mimic the aqueous
component of the lung [140]. ALF is analogous to the fluid produced by macrophages during
phagocytosis [141] and has a pH of around 4.5 [137]. Biological fluid pH is an important parameter
governing the solubility of arsenic and other metals. For example, arsenic solubility measured as a
percentage of the total arsenic concentration of mine waste, was reported as 36.6% in simulated
stomach fluid (pH 1.2) and 0.4% in SLF (pH 7.5) [57], suggesting that an acid medium is required
for arsenic dissolution. When determining pulmonary arsenic bioaccessibility, it may therefore be
prudent to also investigate the behavior of arsenic in the more acidic ALF solution.
A limited number of studies aimed at comparing the bioaccessibility of other metallic
compounds in SLF and ALF solutions reported significantly higher dissolution rates of potentially
toxic metals in ALF [137,139]. Conversely, Plumlee et al. [142] found that SLF (near-neutral pH)
was effective in leaching arsenic from dust samples collected from a dry lake, and the oral and
inhalation bioaccessible arsenic fractions found in these particular dust samples were comparable.
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While it is important to note that the contrasting results between these studies highlight the
importance of site-specific bioaccessibility assessments, they also indicate that certain arsenic
species are relatively mobile at near-neutral conditions. Furthermore, the differences may also be
attributed to the contrasting dissolution times used in each study: the mine waste and the dry lake
dust samples underwent dissolution times of around 2 h [57] and 24 h [142], respectively. Given
that fine particles may be retained in the RT for prolonged periods of time (Table 2), incubation
duration is a particularly important parameter in bioaccessibility studies.
Pulmonary bioaccessibility tests may be more reliable predictors of bioavailability than the
widely-used aqueous solubility tests, since Rhoads and Sanders [125] reported that arsenic, and
other metals with low aqueous solubility, were highly soluble in the lungs of rats. A more recent study
observed that SLF was more effective than deionized water at leaching arsenic in the 20 m size
fraction of soil impacted by fire, with leachate concentrations of 19 and 2 g/L, respectively [143].
4.4. Summary
A summary of some of the key factors governing bioavailability of inhaled arsenic-bearing
particles is proposed (Figure 4). Particle size governs the deposition location of inhaled particulates
in the RT. Knowledge of the location and solubility of deposited particles is important for
predicting the methods of clearance from and retention time in the RT, and therefore the types of
lung fluids with which the particles may interact. Contact with pulmonary fluids can then release
arsenic from inhalable arsenic-bearing particulates. Since the retention of arsenic in the body is
predictive of toxicity and the pathogenesis of disease [126,131,132], the long-term pulmonary
bioavailability of arsenic represents important consideration in the health risk assessment of
populations living in mining-affected regions.
Figure 4. Diagrammatic representation of the interactions between key factors
governing the pulmonary bioavailability of arsenic.
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5. Importance of Metabolic Transformation in Arsenic Toxicity
5.1. Arsenic Biomethylation
The role of metabolism in arsenic toxicity has been the subject of several detailed reviews [144–149]
therefore the following discussion will provide an overview of the key concepts only. Methylation
is the major metabolic pathway for ingested inorganic arsenic in most mammals, and occurs via
alternating reduction of pentavalent arsenic to the trivalent state, followed by oxidative addition of
a methyl group [146,150–153]. Biotransformation of inorganic arsenicals occurs primarily in the
liver with an estimated 70% [154] of metabolites readily excreted in urine [147,155–157]. The
remaining portion deposits differentially in other target organs and tissues including the kidneys
and the lungs, as well as keratinized tissues such as skin, nails, and hair [158–161].
In terms of clearly understanding arsenic biochemistry and toxicology, arsenic methylation
presents a complex problem because the metabolic sequence (Figure 5) yields at least six distinct
products, each with its own unique toxicology: arsenite, monomethylarsonic acid (MMAV),
monomethylarsonous acid (MMAIII), dimethylarsinic acid (DMAV), dimethylarsinous acid (DMAIII)
and dimethylthiolarsinic acid (DMTAV) [146,162,163]. Various studies have demonstrated that the
unstable trivalent intermediary products, MMAIII and DMAIII, are highly reactive and substantially
more toxic than the inorganic and pentavalent compounds [149,152,162,164,165]. Arsenic
methylation is therefore widely considered to be a bioactivation pathway rather than a
detoxification process [144], with the resulting toxicity closely linked to the methylation status and
valence state of the metabolites [166]. Therefore, understanding the arsenic biomethylation
pathway is critical to elucidating its subsequent action as a toxin and carcinogen [167].
Figure 5. Metabolic pathway of inorganic arsenic. Reprinted from Chilakpati [168]
with permission from Elsevier.
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5.2. Oxidative Stress as a Mode of Action for Arsenic Carcinogenesis
Although several modes of action for arsenic carcinogenesis have been presented in the
literature including oxidative stress, suppressed DNA repair, altered methylation patterns,
genotoxicity and cell proliferation [144], the oxidative stress theory has been intensively
investigated and is supported by a substantial mass evidence [168–171]. Oxidative stress refers to
an imbalance between the production of reactive oxygen species (ROS), or free radicals, and
antioxidant defense mechanisms [172]. Free radicals are characterized by the presence of unpaired
electrons and the associated reactivity can lead to tissue injury [173].
The first oxidative stress theory for arsenic proposed that a minor metabolite of DMAV,
dimethylarsine (a trivalent arsenic compound), is produced via a process of reduction in vivo [170],
possibly following a reaction between DMAIII and specific coenzymes important for cellular
respiration [174]. Dimethylarsine is estimated to be around 100 times more toxic than DMAIII
which is a potent genotoxin in its own right [174]. Dimethylarsine can react with molecular oxygen
forming the dimethylarsenic ((CH3)2As) radical, and the superoxide anion O2í [175]. Through the
addition of another molecule of oxygen, the dimethylarsenic radical forms the dimethylarsenic
peroxyl ((CH3)2AsOO) radical. Finally, the hydroxyl radical (HO )ޞcan be produced via reaction
with cellular iron and other transition metals [170,175].
Although an excessive production of ROS, such as superoxide anion and hydroxyl radical, is
commonly associated with impaired cellular functions, DNA damage and carcinogenesis [144,175,176],
the dimethylarsenic and/or dimethylarsenic peroxyl radicals were found to play a crucial role in
lung-specific DNA damage, tumorigenesis [169–171,174,177] and general arsenic-induced
toxicity [178]. The generation of oxidative stress as a potential mode of action of arsenic for its
disease endpoints is an ongoing area of research and the associated complexities have been
comprehensively reviewed [145,158,175,179].
5.3. The Human Lung as a Target Organ for Arsenic Toxicity
Remarkably, arsenic is the only reported human lung carcinogen for which there is sufficient
evidence of pulmonary carcinogenicity as a result of both inhalation and ingestion exposures [25,180].
Smith et al. [181] reported that the relative risk of lung cancer following inhalation and ingestion of
arsenic was independent of the exposure pathway. Distinguishing between the different routes of
exposure is complicated not only by the arsenic transformations that take place in the body, but
also the common target organs following the different exposure pathways [163]. The high
variability in pulmonary solubility observed for different arsenic compounds [126,129,130] also
represents a confounding factor.
For systemically absorbed arsenic, via inhalation or ingestion, research suggests that the
pulmonary system may function as a target tissue for toxicity based on the observation that
dimethylarsine is excreted as a gas from the circulation via the lungs [170,177]. High partial
pressures of molecular oxygen in the lungs may promote dimethylarsenic and dimethylarsenic
peroxyl radical formation as dimethylarsine is excreted and passed through to the respiratory
system [144,158,175].
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Less soluble arsenic compounds can be retained in the lung as observed in humans [182] and
rodents [126,129,130]. According to Styblo et al. [152], human lung epithelial cells have very low
arsenic methylation capacity in vitro, which may translate to a lower capacity to convert inorganic
arsenic methylate arsenicals in vivo. A reduced capacity to methylate arsenicals could be associated
with an increased risk of toxicity due to prolonged retention of inorganic arsenic in the lung [183].
In support of these observations, various in vivo studies have reported that arsenic toxicity is
closely linked with a prolonged retention of inorganic arsenic in the lungs of rodents [129,130].
Further studies to examine the direct effects of inorganic arsenic compounds on pulmonary cells in
order to elucidate the carcinogenic mode of action of retained arsenic-bearing particulates are suggested.
5.4. Direct Effects of Arsenic on Pulmonary Cells
Some of the key effects of arsenic exposure on a range of different pulmonary cell lines are
summarized in Table 3. Since the dose response of arsenic can be substantially different in animal
models compared with in vivo human exposure [184], this section will primarily focus on studies
involving pulmonary cell lines, specifically human bronchial epithelial (HBE) cells derived from
human lung epithelium [168], alveolar macrophage (AM) cells, which are typically harvested from
animals [185], and human pulmonary fibroblast (HPF) cells. HBE and AM cells represent the first
lines of defense against foreign particles [185], while HPF cells are important for regeneration and
repair of chemically or mechanically damaged tissues [186]. As discussed by Dodmane et al. [165],
although the effects of in vitro arsenic exposure are likely to reflect the in vivo effects, a cautionary
approach should be adopted when interpreting the data due to the variability of effects observed
amongst experimental systems.
5.4.1. Pulmonary Cytotoxicity of Arsenic
Cytotoxicity assays, and the measurement of representative parameters associated with cell
pathology, are widely used to quantitatively assess the in vitro potency of a toxicant in the whole
animal. Clear dose-response relationships between arsenic concentration and cytoxicity have been
established in HBE cells [165,168,187–189], HPF cells [189–191] and AM cells [185]. Figure 6
shows a notable decrease in HPF and HBE cell survival, in a time- and concentration-dependent
manner, following 24 and 120 h treatments with sodium arsenite [189]. Relative cell survival rates
indicate that sodium arsenite is more cytotoxic to HPF than HBE cells (Figure 6; [189]). A similar
study found that arsenic trioxide was also toxic to HPF cells, however greater concentrations were
required to produce similar effects [190]. The differential cytotoxicities observed between these
two trivalent arsenic compounds can be attributed to the fact that arsenic trioxide has a lower
solubility in the lung than sodium arsenite [126].
Consistent with other lines of evidence presented in previous sections, recent studies confirm
that methylated arsenicals are more cytotoxic to pulmonary cells than the inorganic trivalent
forms [165,168,188]. For example, the respective median lethal concentrations (LC50) of AsIII,
DMAIII and MMAIII in HBE cells were reported as 5.8, 1.4 and 1.0 M, after a 72 h exposure
period [165]. DMTAV, exhibited a similar cytotoxicity potency to DMAIII [168]. While little is
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known about the pulmonary toxic effects of DMTAV, gene expression analysis has shown that cells
exposed to DMTAV and DMAIII share a relatively high number of differentially expressed genes
(DEGs) following exposure to minimally cytotoxic arsenic concentrations, indicating the existence of
associated similarities in the cellular mechanism of cytotoxicity of these two arsenicals at lower
concentrations [168].
A systematic assessment of the cytotoxic effects and cellular uptake of AsIII, MMAIII, DMAIII,
MMAV, DMAV and thiodimethylarsinic acid (thio-DMAV, [(CH3)2As(S)OH]) on human alveolar
epithelial cells has been undertaken in complementary studies [187,188]. Thio-DMAV is a human
arsenic metabolite of inorganic arsenic and is formed immediately when DMTAV is added to
aqueous solution [187]. Cytotoxicity was quantified by measuring reductions in cell number, cell
volume and colony formation following a 24 h exposure period [187,188]. In terms of these
cytotoxicity endpoints, the cytotoxic order of extracellular arsenic concentrations was reported as
DMAIII > MMAIII > thio-DMAV  AsIII  MMAV ~ DMAV [187]. Taking into consideration the
bioavailability of each arsenic species, as measured by cellular uptake, the cytotoxic order was
reported to change to thio-DMAV ~ AsIII ~ MMAIII > DMAIII  MMAV ~ DMAV [187]. Cellular
uptake of thio-DMAV was strongly correlated with cytotoxicity endpoints, including cell number
(correlation coefficient, í0.986) and colony forming ability (correlation coefficient, í0.998) [187].
Differences in arsenic-induced cytotoxicity endpoints reported in the literature may be attributed
to variability in a number of experimental parameters: (i) the arsenic species or compound; (ii) the
cell exposure duration; (ii) the cell systems used in each study; and (iii) the methods for assessing
cytotoxicity endpoints.
5.4.2. Effects of Arsenic-Induced Reactive Oxygen Species (ROS) Production on Human Bronchial
Epithelial (HBE) Cells and Human Fibroblast (HF) Cells
Although ROS are widely recognized for their beneficial and growth-promoting effects on cells,
overproduction can lead to toxic effects [192] including damage to cellular DNA and protein [144].
Studies show that HBE and HPF cells generate elevated ROS levels in a dose-dependent manner in
the presence of arsenic [191,193]. Moreover, chronically exposed arsenic-transformed HBE cells
constitutively generate cellular ROS (probably hydrogen peroxide) in the absence of further arsenic
exposure [193]. Constitutive generation of ROS was found to be necessary for activating certain
signaling pathways that regulate cell survival and cell proliferation [193].
Enhanced arsenic-induced ROS generation and accumulation have been associated with
dose-dependent responses in rates of cell proliferation and colony formation in HBE cells [193–196]
as well as anti-apoptotic signaling [195]. Increased cell proliferation is a distinguishing
characteristic of cancer cells and is crucial for tumor formation, while apoptosis plays an important
role in killing abnormal cells so that they cannot form tumors [193]. One study reported that
increased cell proliferation of arsenic-exposed cells was mediated by anti-apoptotic-signaling
induced by cyclooxygenase, COX-2 [197], an enzyme associated with inflammation and other
pathogenesis [198]. Enhanced ROS levels play an important role in mediating COX-2 production
in airway epithelial cells [199].
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Figure 6. Cytotoxicity of sodium arsenite in: (A) human lung fibroblast cells, and (B)
human lung epithelial cells, following 24 and 12 h treatments. Reprinted from
Xie et al. [189] with permission from Elsevier.

ROS production has also been linked with gene expression changes in HBE cells consistent with
several of the proposed mechanisms for arsenic carcinogenesis [144] including oxidative stress,
DNA damage and a weakened tumor-suppression response [165,168,195]. Suckle et al. [195]
assessed the malignant potential of in vitro arsenic-transformed cells by injecting them into mice.
The in vivo study identified phenotypic characteristics consistent with malignant lung epithelial
cells [195], and whole genome expression profiling identified potential mitochondrial oxidative
stress and increased metabolic energy output, which is indicative of increased mitochondrial energy
production [195]. Importantly, chronic arsenic exposure may therefore target mitochondrial
function leading to enhanced ROS generation and cancer-related gene signaling [195].
Antioxidants that target mitochondrial function could play a role in ameliorating some of the
effects of arsenic in chronically-exposed populations [200].
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Zhao et al. [201] recently discovered that long-term exposure to arsenic altered cellular
energy metabolism through the induction of aerobic glycolysis (the Warburg effect), as observed in
arsenite-treated HBE and other human cell lines cells. The Warburg effect is a metabolically
supportive phenotype for the increased energy demands associated with the growth, proliferation
and invasion of cancer cells (see the review by Vander Heiden et al. [202]). Unlike normal cells
which produce lactate under anaerobic conditions only, the Warburg effect states that cancer cells
generate large quantities of lactate regardless of oxygen availability [202]. This study was
potentially the first to link an environmental toxicant with the induction of the Warburg effect, and
thus this discovery may assist in identifying the role of arsenic toxicity in other diseases associated
with disrupted energy metabolism, such as diabetes and atherosclerosis [201].
5.4.3. Arsenic-Induced Suppression of Alveolar Macrophage (AM) Function
Alveolar macrophages (AM) serve as the front line of cellular defence against foreign material
by clearing the air spaces of any infectious, toxic or allergenic particles that have penetrated
mechanical defences, such as the nasal passages and mucociliary transport system [203]. Under
normal conditions, ROS are secreted by alveolar macrophages in response to phagocytosis or
stimulation with specific agents, and play a key role in efficiently killing invading pathogens [204].
Various detrimental effects of arsenic on these important cell functions have been observed
(Table 3). For example, Palmieri et al. [185] noted concentration-dependent reductions in AM
viability and size following exposure to sodium arsenite concentrations of 2 and 2.5 M,
respectively, and a notable increase in apoptosis after 5 M. In the presence of the lower sodium
arsenite concentrations (<2 M), AM cells maintained the ability to regulate cell homeostasis
whereas higher doses (5 M), reduced cell viability to 50% [185]. Increasing cell culture time
generally played a key role in amplifying the observed adverse effects, particularly during exposure
to the higher (5 and 10 M) sodium arsenite concentrations [185].
Contrary to the commonly-observed response by arsenic-exposed HBE and HPF cells, AM
cells typically exhibit a dose-dependent reduction in ROS production in the presence of
arsenic [128,185,205–208]. Soluble trivalent arsenic was notably more potent at inhibiting ROS
production than the corresponding pentavalent form, with superoxide inhibition occurring at
respective concentrations of 0.1 and 1 g/mL [208]. In contrast, the slightly soluble trivalent and
pentavalent forms showed similar patterns in ROS production with inhibition occurring at a
concentration of 10 g/mL arsenic [128,207]. Gercken et al. [205] postulated that the depression of
O2í (superoxide anion) production by arsenic-exposed AM may be linked with high concentrations
of arsenic on the particle surface. Both the studies by Lantz et al. [128,208] observed that a 24 h
period of arsenic exposure was required to suppress ROS production.
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Suppression of ROS production, or a reduction in AM function as demonstrated by
others [128,185,205,207,208], may therefore inhibit phagocytosis: an important clearance
mechanism of foreign particles, such as dust and bacteria, from the lung. Suboptimal phagocytosis
by AM cells has been associated with a decreased ability to clear dead or dying cells from the
respiratory system thereby leading to pathological inflammation [209] as well as an increased
susceptibility to pulmonary infection such as pneumonia, in respiratory health-compromised
individuals [210].
5.4.4. Arsenic-Induced Inhibition of the Wound Healing Response in Human Bronchial Epithelial
(HBE) Cells
As the respiratory epithelium is frequently injured by inhaled pollutants or micro-organisms,
the epithelial wound repair response plays a critical role in the maintenance of epithelial barrier
integrity [211]. Concentration-dependent arsenic-induced inhibition of wound healing in
mechanically-wounded HBE cells has been demonstrated (Table 3). In the absence of arsenic, the
wounded area of an epithelial monolayer of HBE cells was largely repaired (approximately 80%)
by migrating cells after a period of 4 h [212]. In the presence of 30 and 60 ppb arsenic however, the
amounts of wound closure were 48% and 24%, respectively [212]. The highest concentration
(290 ppb) resulted in the expansion of the wound area in the first hour, followed by 16.5% healing
at 4 h [212]. Further analyses indicated that overexpression of matrix metalloproteinase (MMP-9),
an enzyme important for human respiratory healing and wound closure [213], leads to dysregulated
wound repair in the presence of arsenic and reductions in cellular migration [212].
Regulation of MMP-9 and migration of airway epithelial cells are linked with ATP-dependent
Ca2+ signalling [213]. Tightly coordinated Ca2+ transport and activity are vital during early wound
healing processes; therefore Ca2+ is commonly used as an immediate damage indicator [214].
Furthermore, general interference with airway ATP signalling has been linked with chronic lung
diseases, such as chronic obstructive pulmonary disease (COPD) [215]. To investigate whether
arsenic disrupts Ca2+ signalling in mechanically-wounded HBE cells, Ca2+ concentrations were
monitored following acute (24 h) and chronic (4–5 weeks) exposure with micromolar and
nanomolar concentrations of sodium arsenite [216,217]. Significant and dose-dependent reductions
in Ca2+ propagation in wounded cells compared to controls were observed (Figure 7; [216,217]).
Arsenic-induced suppression of the wound healing response as a result of both acute and chronic
exposures (well below levels typically associated with inhalation where arsenic has been linked
with disease presentation) may ultimately result in a reduced ability of the lung epithelium to
effectively and sufficiently close a barrier breach [212,216,217].
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Figure 7. Wound healing assay of 16HBE14o- cells exposed chronically (4–5 weeks)
to 0, 130, or 335 nM sodium-arsenite: (A) Representative images of initial wounding
(left column), 30 min post-wounding (middle column), and 1 h post-wounding
(right column). White scale bar represents 50 M; (B) Quantification of percent wound
closure over time at 30 and 60 min post-wounding. “*” indicates significant difference
from untreated controls by a one-way ANOVA (p < 0.05). Reprinted with permission
from Sherwood et al. [217].
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Table 3. Direct effects of arsenic exposure on human bronchial epithelial (HBE) cells, human pulmonary fibroblast (HPF) cells, and
pulmonary alveolar macrophage (AM) cells. All experiments were conducted in vitro, unless otherwise specified. Specific cell lines are
listed in accordance with the abbreviations used in each study.
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6. Epidemiological and Exposure Monitoring
Epidemiological studies provide an important link between health effects and air pollution
exposure, because they provide an accurate representation of the health records and environmental
conditions pertaining to a well-defined population [218]. In this regard epidemiological studies of
industrially-exposed cohorts conducted during the mid-1900s have provided strong evidence of a
causative role for airborne arsenic in respiratory cancer mortality. This has resulted in a diverse but
important body of historical epidemiological evidence accrued on the health risks and disease
outcomes associated with known, high level occupational inhalation exposures [219–221].
However, with increasing concerns regarding the effects of peripheral exposure to potential
carcinogens, there is increasing attention directed at the health of communities living in the vicinity
of smelting and mining operations and uncontained mine wastes and tailings. Notwithstanding the
common source of the concerns, it has been observed that there are important differences between
the situations of occupationally- and environmentally-exposed cohorts. Occupational studies
usually differ methodologically from the environmental investigations in that there is a contained
area of contamination and a restricted population who are exposed to high levels of airborne
material. Whereas studies of environmental exposure in communities living in arsenic-affected
areas usually start at birth, and the exposure itself may not be recognized for many years and may
be intermittent, thereby rendering epidemiological studies more difficult to design and interpret,
particularly since they are observational only. For these reasons, we report separately on the
findings for each exposure type, since they will address different aspects of the effects of airborne
particulate matter on health.
6.1. Known Occupational Exposures
An industrial hygiene study conducted between 1943 and 1965 at the Anaconda copper smelter
in Montana, USA, recorded extremely high levels of airborne arsenic (5000 g·mí3), particularly
in and around the ore roasting furnace, materials crushing plant and the arsenic refinery
departments [222]. Similar conditions were reported at the Ronnskar smelter in Sweden [220].
Airborne arsenic concentrations in excess of 20,000 g·mí3 were not uncommon at these two smelting
operations [220,222]. Lower values for airborne arsenic were typically found in areas such as the
administration departments, electrical and machine workshops, outdoor environment, building
department and general office area [220,222]. Significantly, airborne arsenic concentrations
reported at the latter two locations are 8- and 2000-fold greater than the current target value of
6 ng·mí3 proposed by EU regulations.
Symptoms of severe arsenic exposure among smelter workers observed during the 1920s
included a notable rise in the rate of sick days due to various acute and chronic respiratory
disorders [223]. Arsenic trioxide-laden dust (generated as a by-product of the copper smelting
process) deposited in the nose and respiratory airways forms arsenous acid on contact with
moisture, resulting in necrosis of the mucous membranes [223]. Diseases reported among smelter
workers during the early 1930s were bronchitis, tracheitis, ulcers, laryngitis, rhinitis, perforation of
the nasal septum, atrophy of the mucus membranes in the respiratory passages and occupational
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arsenical dermatitis (unpublished works by Inghe and Bursell [224], translated in
Gerhardsson et al. [225]). Emphysema and ischemic heart disease were also noted [219]. Despite
the prevalence of these non-malignant respiratory disorders, meta-analysis of the available
epidemiological data did not detect any statistically significant excesses in mortality among smelter
workers compared to the control cases [219,221].
The first cases of lung cancer that were traced to the work environment occurred at a Swedish
smelter in the 1960s whereby a five-fold increase in lung cancer mortality compared with controls
was observed [226]. Occupational health investigations at other smelting operations, as well as
comprehensive reassessments and meta-analyses of previously reported data, demonstrated strong
links between airborne arsenic exposure and respiratory cancer [220–222,227,228]. Lubin et al. [221]
reported a statistically significant trend between the excess relative risk of respiratory cancer and
cumulative exposure to airborne arsenic amongst a cohort of 8014 copper smelter workers in
Montana, United States. Over a 50 year period, 446 deaths due to respiratory cancers were
observed, comprising 428 lung cancers and 14 cancers of the larynx. No other cause of death was
found to be associated with arsenic exposure, with the possible exception of COPD [221].
In addition to smelting, other studies have demonstrated a link between lung cancer and arsenic
exposure at hard rock mining operations [228]. One of the most comprehensively investigated cases
relates to four tin mines and three associated smelting operations in southern China, where underground
miners were exposed to respirable concentrations of arsenic ranging between 0.1 and 38.3 g·mí3 [229].
Chen and Chen [229] reported that the rates of lung cancer were strongly associated with cumulative
dust exposure, arsenic exposure and duration of exposure. While the magnitude of risk from mining
(odds ratio (OR), 8.8) was only slightly less than for smelting (OR, 12.3), exposure to both mining
and smelting increased the risk to 22.0 [228]. The potential additive carcinogenic effects of inhaled
crystalline silica, cigarette smoking and exposure to radon could not be ruled out [228].
To examine the distribution of arsenic in the body following long-term exposure, researchers
collected and analysed tissues from deceased workers from the Ronnskar smelter in Sweden, and
from various controls, and correlated these with the cause of death [225]. Post-mortem
investigations discovered elevated levels of arsenic and seven other metals of concern in the lung,
liver and kidneys of the deceased workers [182,225]. Median arsenic concentrations of 35 and
50 g·kgí1 reported in lung tissue of the deceased smelter workers were six to seven times greater
than the control cases [182,225], providing some evidence of a causative role for arsenic in
respiratory cancer mortality among the exposed population [182]. Although the arsenic content
diminished in liver tissue, a longer biological half-life of arsenic was observed in the lung [182].
Similar findings have been reported in animal studies [126]. An extended biological half-life and
retention of arsenic in lung tissue may have implications for the development of respiratory
disease. Lung cancer risk in a cohort of 107 Chinese tin miners was more dependent on the
duration of arsenic exposure than then intensity [228]. Conversely, exposure intensity was more
important in determining the lung cancer risk than duration in smelter workers [220,222],
indicating a need for comparative studies with consistent exposure and outcome criteria.
Due to the use of exposure reduction measures by mining and mining-related industries, the
number of published studies relating to rates of lung cancer and mortality in mining and mining-

46
related industries has declined in recent years. However, occupational inhalation exposure to
airborne arsenic remains a serious health issue in some localities. A recent study reported that
copper smelter workers in northeastern China were exposed to airborne arsenic values that were up
to 57% above the short-term exposure threshold limit value of 20 g·mí3 [230]. Seven of the
38 copper smelter workers selected for investigation had arsenic-related skin disorders including
hyperkeratosis and/or hyper-pigmentation, as well as elevated urinary arsenic levels [230]. Urinary
arsenic speciation analysis revealed that higher occupational exposures and skin damage cases were
associated with a decreased capacity for arsenic methylation [230]. Similar results have been
reported elsewhere [231]. These findings support the premise that suppressed methylation capacity
results in an increased risk of arsenic toxicity due to the retention of arsenic in the body [183].
6.2. Inadvertent Environmental Exposures
It has been found that a number of populations around the world live in the vicinity of active or
abandoned mining operations [28], and there exists overwhelming epidemiological evidence suggesting
that there is an increased risk of arsenic exposure for these communities [4–9,78,107,232]. These
studies show that children are particularly susceptible to inhalation exposure since they respire a
greater relative volume of air with respect to their size, and may therefore be exposed to
correspondingly higher levels of airborne contaminants than adults. Children also have an
increased likelihood of coming into contact with soil and dust through playing in dirt contaminated
with arsenic residues [78,233,234]. As a consequence, many human exposure monitoring studies
have focussed on measuring arsenic exposure in child populations [4,7,107,233,235,236].
Measurement of arsenic in human nails, hair, urine and blood concentrations are commonly
used for determining arsenic uptake in humans [78,105,232,235,236]. Blood and urine arsenic
levels provide a reliable short-term measure of arsenic exposure because arsenic is readily
excreted from the bloodstream via the kidneys [25]. Analysis of arsenic deposited in the toenails and
hair provides useful indicators when the measurement of long-term, low-level arsenic exposure is
required [234–238]. It has also been shown that analysis of the arsenic content of particles that have
adhered to the hands of children can also be used as an indicator of potential exposure [4].
It is important to note that although such biological markers of arsenic exposure as those
reported above are useful for predicting the degree of risk, elucidating the exact pathway to
environmental uptake of arsenic in localities where multiple exposure pathways exist is not
straightforward [233]. As previously mentioned in this review, airborne arsenic-contaminated
particulates generated by mining operations often may be small enough to be inhaled, and have the
potential to directly reach the tracheobronchial and/or alveolar regions of the RT of populations
living within the reach of the industrial plume or raised dust material [19,54]. However, particles
that have been deposited on the ground or other surfaces may be either ingested due to physical
contact, or resuspended as dust, and then inhaled [19,105]. Many studies therefore report the
existence of multiple possible pathways for human exposure to arsenic-bearing particulates in the
vicinity of mining operations which contributes to the complexity of epidemiological studies of this
issue [4,7,105,233,238] A recent study reported that the ingestion and inhalation exposure
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pathways contributed equally to the arsenic-associated carcinogenic and non-carcinogenic risks in
such populations [105].
From the work reported in the above investigations, it is clear that human arsenic exposure is
governed by a number of variables. There are important inverse relationships which have been
frequently reported between the concentration of airborne arsenic levels and the distance from the
source, and between biological arsenic levels and the distance of the home, playground or school
environment from metal smelters and other mining operations [4,7,107,233]. Buchet et al. [4]
reported airborne arsenic concentrations of 330 and 75 ng·mí3, and dust concentrations of 1710 and
66 g·gí1 at distances of 1 and 2.5 km from a lead smelter in Belgium, which are consistent with
this inverse relationship. Correspondingly, the average arsenic concentration on the hands of
children living within the 1 km zone was ten times greater than those children living further
away [4]. Similarly, Hwang et al. [233] found that the urine arsenic content of children living near
an extensively contaminated former copper smelter in Montana were significantly inversely
correlated with distance from the smelter site.
As cautioned by Frost et al. [6], the assumption of a simple inverse relationship between arsenic
uptake and distance from the emission source may oversimplify this phenomenon, since seasonality and
wind direction are also important variables influencing exposure [9,107,231]. Milham and Strong [107]
demonstrated that fluctuations in urine arsenic levels among children living near a copper smelter
were closely associated with changes in prevailing wind direction. In this study, the urine arsenic
concentrations of children living downwind of the smelter decreased simultaneously with shifts in
wind direction [107]. Another study of children living near a former copper smelter site reported
elevated biological arsenic levels during the summer, a time when seasonal factors enhance the
mobilisation of dust from uncontained mine wastes, such as tailings and flue dust [233].
Carcinogenic and non-carcinogenic risks associated with inhalation exposure to atmospheric
arsenic emitted by coal combustion have recently been estimated in exposed Chinese
populations [9,105]. Because it has been observed that the average effective diameter of
arsenic-containing aerosols from combustion processes is 1 m [3], there exists a high potential for
deposition in the terminal bronchioles and alveoli of exposed populations. Consequently, it has
been estimated that more than two million residents in Beijing have an increased risk of developing
cancer as a result of probable exposure to atmospheric arsenic, generated principally from coal
combustion [9]. Recent measures of daily total inorganic arsenic inhalation exposure values for
Beijing residents (0.3–0.8 g·dayí1) showed that they were 10 times greater than those in the
United States (40–90 ng·dayí1). These studies indicated that daily intakes of arsenite and arsenate
in Beijing were 0.01–0.03 and 0.16–0.44 g·dayí1 by inhalation, respectively. Based on these
exposures and the known effects of both arsenite and arsenate as carcinogens, an estimated excess
cancer risk of (4.2 ± 2.0) × 10í4 was predicted for the city’s population [9]. In a similar study,
Cao et al. [105] reported a median carcinogenic risk posed by arsenic inhalation of 2.91 × 10í3 in a
community living near the largest coal refinery plant in a town of Shanxi Province, China.
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6.3. Impacts of Climate Change
The effects of climate change are predicted to have an impact on mine waste chemistry and
mobility. The predicted rise in global temperature is expected to increase the rate of mine waste
weathering by a factor of approximately 1.3 by the year 2100 [239]. Prolonged weathering of mine
waste materials will lead to the formation of a greater abundance of soluble salts [67]. Moreover,
the anticipated increase in extreme weather conditions are likely to lead to a greater frequency and
intensity of dust storms, as already observed in localities such as Asia, Africa, and Australia [240,241]
which in combination with the weathering, is likely to result in an increase in the occurrence and
bioavailability of airborne arsenic.
7. Conclusions and Research Priorities
The potential health effects of exposure to airborne arsenic-bearing particulates generated by
current and/or past mining operations are widely recognized as a growing issue of significant
global importance. Investigations surveyed in this review, taken from disparate but complimentary
lines of inquiry, strongly support a causative role for inhalation exposure of inorganic arsenic
species in the aetiology of lung cancer and other respiratory health disorders, suggesting that a
strong focus on this exposure modality is crucial for the long-term health of affected populations.
This review has highlighted the need to conclusively elucidate the exact mechanisms of
arsenic-induced toxicity from exposure to PM in order to facilitate the prediction and diagnosis of
adverse health consequences, and thereby enable adequate risk assessments to be undertaken.
Recent developments in various complimentary areas of research within the overarching field of
medical geology including geochemistry, biomedicine, toxicology and epidemiology, have
identified a number of factors that play a key role in understanding these varied phenomena. These
include: (i) the effects of differing environmental variables leading to exposure; (ii) the influence of
particulate characteristics on the initial deposition location in the RT; (iii) the differing toxicity
levels of particulate-borne arsenicals, their species and their metabolites, and (iv) the complex
pathogenesis of arsenic-induced lung disease.
While it is clear that absorbed arsenic exerts cytotoxic and genotoxic effects on pulmonary cells
following both acute and chronic exposures, important species- and dose-dependent differences in
toxicities between the two exposure regimes have been observed. It is also clear that particle size
plays a major role in governing the deposition location, solubility, methods of clearance and
retention time of arsenic-bearing species in the RT, and hence has a direct effect on the range of
arsenic metabolites released to the body. Current research indicates that the exposure to arsenic and
of these metabolites is predictive of the pathogenesis of lung disease, which leads to the conclusion
that the long-term pulmonary bioavailability of arsenic in PM requires serious consideration in
health risk assessments. Development of a series of standardized lung bioavailability assays that
assess both short- and long-term exposures would be beneficial, particularly when drawing
comparisons between studies.
The potential for human exposure to airborne arsenic will inevitably increase in the future due to
several key factors. Increases in global copper production and coal use, with which arsenic species

49
are intimately related, are indicators of increasing global wealth and population. With increasing
wealth and population, consequent increases in urbanization will inevitably lead to encroachment
on and disturbance of existing contaminated sites. In addition, it is predicted that climate change
will have a considerable impact on mine waste chemistry and mobility, effectively amplifying
every other risk factor, and increasing the urgency in gaining a greater understanding of all aspects
of arsenic in our environment.
It is strongly recommended that future research prioritizes identifying human populations and
sensitive sub-populations at risk of exposure, as well as developing long-term, cost-effective
methods to adequately contain or reduce airborne emissions from known sources.
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Risk Factors for E. coli O157 and Cryptosporidiosis Infection
in Individuals in the Karst Valleys of East Tennessee, USA
Ingrid Luffman and Liem Tran
Abstract: This research examines risk factors for sporadic cryptosporidiosis and Escherichia coli
(E. coli) O157 infection in East Tennessee, using a case-control approach and spatial logistic
regression models. The risk factors examined are animal density, land use, geology, surface water
impairment, poverty rate and availability of private water supply. Proximity to karst geology, beef
cow population density and a high percentage of both developed land and pasture land are
positively associated with both diseases. The availability of private water supply is negatively
associated with both diseases. Risk maps generated using the model coefficients show areas of
elevated risk to identify the communities where background risk is highest, so that limited public
health resources can be targeted to the risk factors and communities most at risk. These results can
be used as the framework upon which to develop a comprehensive epidemiological study that
focuses on risk factors important at the individual level.
Reprinted from Geosciences. Cite as: Luffman, I.; Tran, L. Risk Factors for E. coli O157 and
Cryptosporidiosis Infection in Individuals in the Karst Valleys of East Tennessee, USA.
Geosciences 2014, 4, 202-218.
1. Introduction
The field of medical geology assesses health problems associated with geologic materials with
three areas of focus: (1) geology as a source of harmful materials; (2) movement and alteration of
harmful materials through the subsurface over time and space; and (3) exposure pathways associated
with geologic materials [1]. This research focuses on the third branch, specifically on karst geology
and other spatially-distributed risk factors, as pathways for exposure to waterborne diseases.
The aim for epidemiologic research in general is to identify associations between exposures and
outcomes to maximize health or to prevent disease [2], and the probability of human infection by
pathogens depends on a number of factors, including how well the pathogen survives in the
environment and the opportunities for host-pathogen interaction [3].
It is well established that karst regions are at a higher risk for groundwater contamination due to
groundwater-surface water interactions and low groundwater residence times [4,5]. Natural and
anthropogenic processes impact water quality at karst springs, as surface contamination is quickly
carried into the groundwater supply when contaminated surface runoff flows into sinkholes and
sinking streams [6,7]. Contaminated groundwater supplies used for public or private water supplies
can result in outbreaks of disease that are more prevalent in karst regions [8,9].
Exposure to impaired surface water [10–13], agricultural activity [10,13–16] and karst geology [17]
has been linked to outbreaks of cryptosporidiosis and Escherichia coli O157 (E. coli O157)
infection worldwide. Since the first outbreak of cryptosporidiosis related to recreational water in the
United States was reported in 1988, Cryptosporidium has emerged as the most recognized cause of
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disease outbreak associated with recreational water [18], as it is pervasive in the environment, resistant
to chlorine and has a low infectious dose (10 to 30 oocysts) [19]. From 2006 to 2009, Tennessee
reported 315 cryptosporidiosis cases statewide. Forty-nine (15.7%) were from the northeast region,
though this region represents only 6% of the state’s population. Forty-seven of the forty-nine cases
(96%) in the northeast region were in two counties, and while some of these cases were attributed
to a specific exposure (such as contaminated food or water), the sources of infection for most of the
cases remained unexplained.
E. coli O157 is a pathogen first identified in 1982 as the cause of two outbreaks of disease in
Oregon and Michigan, USA [18]. Since that time, the disease has become widely distributed
throughout the United States and the rest of the world because of the high survival rate of the
pathogen and low infectious dose (between 10 and 100 organisms) [11]. E. coli O157 infection is
associated with consumption of contaminated water or food, such as undercooked beef, dairy
products and salads; however, a connection between environmental exposure and E. coli O157 outbreaks
has also been established [11,14,18,20,21]. E. coli O157 infection causes an estimated
96,534 illnesses in the United States each year, 3268 of which can require hospitalization [22].
From 2000 to 2010, 903 cases of E. coli O157 infection were reported in Tennessee. In 21 cases,
the onset of symptoms was preceded by international travel, and only two cases were associated
with a known outbreak. Therefore, in the majority of the Tennessee cases, the cause of illness
is unknown.
Because known risk factors for cryptosporidiosis and E. coli O157 infection are associated with
an individual’s environment (apart from exposure through food and human contact), an analysis of
these datasets would benefit from explicitly including space and spatial relationships between
potential risk factors and disease. Proximity to a known risk factor may increase the incidence of
cryptosporidiosis or E. coli O157 infection in a population, and therefore, epidemiologic research
should take into account the spatial relationship between the individual, the environment and other
individuals, keeping in mind the relationship between and among cases of these diseases. A
geographic approach to the assessment of risk for cryptosporidiosis and E. coli O157 infection that
includes the use of GIS and spatial statistical modeling can be a powerful method to infer
associations between the environment and health [23].
Much of East Tennessee falls within the Valley and Ridge physiographic province of North
America, characterized by folded Paleozoic sedimentary rocks (limestone, shale and sandstone)
with flat-lying sedimentary rocks to the west and Precambrian metamorphic rocks of the Blue
Ridge province to the east [24]. Building on the established link between karst geology, water
quality and health, this research examines the role of karst geology and other environmental risk
factors for cryptosporidiosis and E. coli O157 infection in East Tennessee.
2. Methods
The research was accomplished in two steps. First, spatial databases of disease data and
explanatory variables were assembled, and exploratory mapping was done. In this step, the cases
were geocoded, rates were calculated and standardized for each zip code and explanatory variables
were extracted for each case and zip code and overlaid with the disease data. In the second step,
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regression models were developed using a case-control approach to examine the risk for disease in
the individual.
2.1. Data
For this study, a dataset of patient records for 903 E. coli O157 infection and 555 cryptosporidiosis
cases occurring in Tennessee from 2000 to 2010 was extracted from the Foodborne Diseases Active
Surveillance Network (FoodNet) database, USA Department of Health and Human Services. The
patient records consisted of patient age, gender, date of specimen, address, recent travel history and
whether the infection was associated with an outbreak. Appropriate safeguards were taken to protect
patient privacy and confidentiality. Case records for East Tennessee addresses were extracted and
examined for duplicates, recent travel, association with a known outbreak and incomplete records, and
geocoding was completed using the University of South California WebGIS Services batch
geocoder [25]. After cleaning, the datasets contained 247 cryptosporidiosis and 250 E. coli O157
infection records (Figure 1).
The environmental risk factors selected as explanatory variables were geology, surface water
impairment, agricultural animal population density by zip code, land use, groundwater well permit
density by county and poverty rate at the block group level (Table 1). Each explanatory variable
was extracted at the best resolution available. These data are publicly available as spatially-referenced
spreadsheet data (related to a geographic unit such as a county or census unit) or as shapefiles that
were directly imported into ArcGIS 10.0 [26].
Karst regions were delineated by selecting polygons classified as limestone or dolomite in the
1:250,000 Geology of Tennessee shapefile [27] and creating a new layer of the karst-prone regions
of Tennessee. Surface water shapefiles and attribute data for the Year 2008 305(b) Report [28] and
Year 2008 303(d) Report [29] were downloaded from the Environmental Protection Agency Reach
Address Database [30]. Using the near tool in ArcGIS, two raster files containing values for the
distance in kilometers to the nearest karst area (KARST) and distance to the nearest impaired
stream segment (STREAM) were constructed.
Agricultural animal population densities were calculated for each zip code tabulation area
(ZCTA) using the USDA Agricultural Census Data from 2007 [31] for dairy cows (MILK), beef
cows (BEEF), hogs (HOG) and sheep (SHEEP). The 2006 National Land Cover Dataset [32] was
reclassified and smoothed to construct three 500 m × 500 m rasters of percent cover for each of
three land use classes (PASTURE, FOREST and DEVELOPED). A database of well permits was
obtained from the Tennessee Department of Environment and Conservation, summed by county
and joined to the 2010 Tiger/Line county layer (WELLS). Poverty rates at the block group level
(POVRATE) were obtained from USA Census data [33]. Raster layers for each variable were
constructed in ArcGIS for input as spatial explanatory variables in the spatial logistic regression
model (Figure 2).
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Figure 1. Study area and approximate locations of disease cases from 2000 to 2010.

Table 1. Candidate explanatory variables for cryptosporidiosis and E. coli O157 infection.
Variable

Description

KARST 1

Distance to nearest karst geology

STREAM 2
BEEF 3
MILK 3
HOG 3
SHEEP 3
DEVELOPED
4

FOREST 4
PASTURE 4
WELLS 5
POVRATE 6

Distance to nearest E. coli contaminated stream
segment
Beef cow population density (zip code level data)
Dairy cow population density (zip code level data)
Hog population density (zip code level data)
Sheep population density (zip code level data)

Units
Kilometers (Euclidean
distance)
Kilometers (Euclidean
distance)
Animals/km2
Animals/km2
Animals/km2
Animals/km2

Percent cover in a 500 m × 500 m raster cell

Percent, expressed as decimal

Percent cover in a 500 m × 500 m raster cell
Percent cover in a 500 m × 500 m raster cell
Number of well permits by population (county level
data)
Poverty rate (block group level data)

Percent, expressed as decimal
Percent, expressed as decimal
Permits/10,000 population
Percent, expressed as decimal

Data Sources: 1 [27]; 2 [28,29];3 [30]; 4 [31]; 5 TDEC Well permit database; 6 [33].
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Figure 2. Environmental risk factors used as covariates in the spatial logistic regression model.
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2.2. Spatial Logistic Regression Model
The objective of a case-control modeling approach is to identify and quantify the relationship
between risk factors and cryptosporidiosis and E. coli O157 infection in the individual. One
limitation of a case-control study using an existing database is that control data may not be available,
in which case random absence data can be generated and used as the control dataset [34]. To avoid
this issue, a spatial logistic regression model was developed in R [35], using the slrm function (R
package spatstat) [36]. The case data were entered as a point process, and the covariate data were
input as image files that span the area of interest.
The explanatory variables selected for inclusion in cryptosporidiosis models were: beef and
dairy cow population density; sheep population density; percent of developed, forested and
agricultural land; distance to karst geology; distance to impaired stream; poverty rate; and well
permit density. Hog population density was not included in the model, because exploratory
analyses indicated there was no significant statistical correlation between hog population density
and cryptosporidiosis.
Explanatory variables selected for inclusion in the E. coli O157 models were: beef and dairy
cow population density; hog population density; percent of developed, forested and agricultural
land; distance to karst geology; distance to impaired stream; poverty rate; and well permit density.
Sheep population density was not included in the model, because there was no significant statistical
correlation between sheep density and E. coli O157 infection in preliminary analyses.
Risk maps were generated in ArcGIS 10.0 for both cryptosporidiosis and E. coli O157 infection
from the model coefficients using the raster calculator tool and the equation:
ܲ ൌ   ͳہ ሺെ  ܽ െ ܺܤሻିۂଵ

(1)

where P is the risk for disease at any given raster cell, log a is an offset term representing
log-transformed population, B is the vector of model coefficients and X is the vector of covariate
values. The Akaike information criterion (AIC), a diagnostic tool to quantify the trade-off between
increased explanatory power and information loss associated with the use of additional explanatory
variables in a model, was used to select the best model for each disease.
3. Results
3.1. Cryptosporidiosis
Multiple spatial logistic regression models were generated in R using the slrm function, with
different combinations of covariates and interaction terms (Table 2). Model C1 includes all
candidate covariates, except HOG, which showed no relationship with cryptosporidiosis. Model C2
includes only those variables significant in Model C1, and C3 includes all variables significant in
C1 plus all possible interaction terms. Interactions were examined, but were not statistically
significant (p > 0.05). Model results were generally consistent between models, and Model C1 was
the best model, using the Akaike information criterion (AIC) as a diagnostic tool. Given the order
of the AIC, the range of 8957–8968 between the three models is not large, indicating minimal
additional loss of information with increased model complexity.
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Table 2. Spatial logistic regression model (SLRM) coefficients (p-values in
parentheses) for cryptosporidiosis individual models. Shaded cells represent excluded
variables. Model diagnostics (AIC) are shown on the bottom row.
SLRM Coefficients (p-values)
C1
C2
C3
(Intercept)
í18.58868
í19.28357
í19.54150
BEEF
0.1899209 (0.000)
0.415818 (0.000)
0.384648 (0.000)
MILK
9.700272 (0.599)
SHEEP
í6.439952 (0.973)
DEVELOPED 0.02983753 (0.000)
0.034451 (0.000)
0.041139 (0.000)
PASTURE
0.01080318 (0.000)
0.016177 (0.000)
0.012557 (0.000)
FOREST
í0.0055259 (0.761)
WELLS
í0.001641 (0.000)
í0.001450 (0.000)
í0.000690 (0.000)
KARST
í0.0001505 (0.000) í0.0001545 (0.000) í0.000518 (0.000)
STREAM
í0.0000237 (0.004) í0.0000198 (0.014) í0.0000029 (0.014)
POVRATE
í0.3994621 (0.538)
Model Diagnostics
AIC
8957.298
8961.791
8968.142

Covariates

The factors most significant for increased risk for cryptosporidiosis are proximity to karst
geology (KARST), proximity to E. coli impaired streams (STREAM), higher beef cow population
density (BEEF), residence within developed (DEVELOPED) or agricultural (PASTURE) land and
a lower well density by population (WELLS).
A map showing background environmental risk generated using Model C1 (Figure 3) and Equation
(1) using an offset of log(population density) [37] shows elevated risk (as the probability of
disease) along developed corridors, in urban centers and in one predominantly rural area (Greene
County area). Faint northeast-southwest trending linear areas of high risk show the contribution to
risk from karst geology.
Figure 3. Spatial logistic regression model (C1) risk map for cryptosporidiosis (see Table
2 for the coefficients).
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3.2. E. coli O157
Spatial logistic regression models for E. coli O157 infection were developed in R for various
combinations of covariates and interaction terms (Table 3). Results were generally consistent
between models. Model E1 included all candidate variables, with no interaction terms. Model E2
included only the significant variables from E1, and a comparison of AIC shows that E2 is a slight
improvement over E1. Model E3 was constructed using only the variables in E2 plus all possible
interaction terms. Only two interaction terms (DEVELOPED × PASTURE and HOG × KARST)
emerged as significant, and the AIC increased due to the increased complexity in the model.
Table 3. Spatial logistic regression model coefficients (p-values in parentheses) for
E. coli O157 individual models. Shaded cells represent excluded variables. Model
diagnostics (AIC) are shown in the bottom row.
Covariates
Constant
BEEF
MILK
HOG
DEVELOPED
PASTURE
FOREST
WELLS

SLRM Coefficient (p-values)
E1

E2

E3 †

E4

í19.43082
0.3765216 (0.000)
í2.96153 (0.001)
3.016985 (0.023)
0.0322240 (0.000)
0.0166063 (0.000)
0.0187083 (0.737)

í19.27842
0.3863660 (0.000)
í0.299347 (0.001)
2.954141 (0.023)
0.0307588 (0.000)
0.0150557 (0.000)

í19.56200
1.633936 (0.000)
í20.07985 (0.001)
4.032882 (0.023)
0.0320371 (0.000)
0.0093708 (0.000)

í19.14675
0.3046392 (0.000)
í1.319051 (0.001)
1.794563 (0.023)
0.0282152 (0.000)
0.0103302 (0.000)

í0.00122612 (0.000) í0.00122976 (0.000)

KARST
STREAM
POVRATE
HOG*KARST
DEVELOPED*PASTUR
E

í0.000219501
(0.000)
0.0000023 (0.721)
0.184116 (0.774)

í0.000216085
(0.000)

í0.000922645
(0.000)
í0.000380838
(0.000)

0.00698929 (0.036)

í0.00128114 (0.000)
í0.000336388
(0.000)

0.00518194 (0.064)

0.000405056 (0.005) 0.000354069 (0.003)

Model Diagnostics
AIC

9190.348
†

9184.642

9194.744

9176.378

Model E3 included all possible interactions between explanatory variables, but only coefficients for significant

interactions are presented in the table to conserve space. Model E4 included only the two interaction terms listed.

The final model (E4) was the best SLRM (using the AIC as a diagnostic tool) and included only
significant covariates from previous models. The risk factors for E. coli O157 infection
identified in Model E4 are: distance to karst geology (KARST); beef cow (BEEF), dairy cow
(MILK) and hog (HOG) population density; percent of developed land (DEVELOPED); percent
of agricultural land (PASTURE); and well permit density (WELLS). The interaction term
DEVELOPED*PASTURE was significant (p < 0.05). Disease is positively associated with
increasing values of BEEF, HOG, DEVELOPED and PASTURE and negatively associated with
increasing values of MILK, WELLS and KARST.
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A map of background environmental risk generated using Model E4 (Figure 4) and Equation (1)
with an offset of log(population density) shows elevated risk along developed corridors and in
urban centers, in areas of agricultural land use and in areas of karst.
Figure 4. Spatial logistic regression model (E4) risk map for E. coli O157 infection
(see Table 3 for the coefficients).

4. Discussion
Both cryptosporidiosis and E. coli O157 infection are waterborne diseases with low infectious
doses and high survivability in the environment. It is reasonable therefore to see similar
environmental risk factors for both diseases. However, there are also notable differences, which
will be discussed in the sections that follow.
4.1. Karst Geology
Proximity to karst geology was a small, but consistently significant, risk factor for both diseases.
This finding is in agreement with previous research for cryptosporidiosis [17] and is not surprising
for a number of reasons. First, karst areas are underlain by limestone that is less resistant to weathering
and erosion. Karst areas therefore coincide with valley bottoms in East Tennessee, which is where
development is concentrated due to the ease of construction and access to transportation corridors
(roads and rivers). This may lead to increased opportunities for human-to-human transmission.
Second, and perhaps more importantly, in karst areas, surface water and groundwater are well
connected through sinkholes and springs, and so, surface contamination readily enters the
groundwater system and can emerge elsewhere as a spring, having had little opportunity for the
natural attenuation typical of non-karst regions. Patients may unwittingly become infected through
contact with an impaired spring. Proximity to karst geology is therefore an important risk factor
and should be included in future studies of environmental risk factors for cryptosporidiosis and
E. coli O157 infection.
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4.2. Surface Water Quality
For cryptosporidiosis, proximity to an E. coli-impaired stream (STREAM) was associated with
increased risk for disease, which is in agreement with risk factors reported in other studies [38–40].
Contact with contaminated water may be more likely the closer the patient resides to the stream,
although it is important to note that proximity to a stream does not necessarily mean that contact
occurs between an individual and the contaminant, and no data were available to determine
whether individuals with either disease had physical contact with recreational water. Nevertheless,
in East Tennessee, the general pattern of land development is for forested lands at higher elevations
along ridge tops and for developed lands to hug the valley bottoms near established streams. The
fluviokarst hydrology, characterized by both surface and subsurface drainage, sinkholes and
abundant springs, provides ample opportunity for recreational contact.
Public water suppliers in the study area withdraw 82.2% of water by volume from surface lakes
or streams, 15.9% from wells and 10.5% from springs [41]. Moreover, in karst areas with
fluviokarst hydrology, groundwater-surface water interactions are well established, and surface
contamination may quickly enter groundwater supplies and contaminate wells and springs. Spring
response to precipitation includes increased flow and suspended sediment load [42], further
evidence for groundwater-surface water interactions.
For E. coli O157 infection, proximity to an E. coli-impaired stream was not an important risk
factor for disease, which contrasts previous studies that associated recreational water exposure with
increased risk for E. coli O157 infection. [13,14]. A study of 350 E. coli O157 outbreaks in the
United States from 1982 to 2002 determined that in 9.5% of the cases, the transmission route was
related to recreational water contact, 4.5% was related to contaminated water supply, 3% was
attributed to cattle contact and 21% was of unknown transmission (the remainder of cases were
attributed to foodborne or person-to-person transmission) [10]. Surface water streams that are
recognized by the state and by the Environmental Protection Agency as impaired due to the
presence of E. coli are considered a public health threat, because E. coli is an indicator organism
for the presence of both cryptosporidiosis and E. coli O157 in surface water. Environmental
contamination of surface water supplies, resulting in the presence of fecal bacteria in streams and
lakes, is known to increase the risk for bacteria-related sickness and death in humans [2,18,38,42].
Nevertheless, research that employs surface water quality spatial databases in spatial disease
models is not well represented in the literature. The spatial models developed in this research
associate proximity to an E. coli-impaired surface water stream with cryptosporidiosis, but not with
E. coli O157 infection. While E. coli is the standard indicator for fecal pollution used by the state
of Tennessee for the presence of both E. coli O157 and Cryptosporidium in surface water, prior
research has shown that it is a poor indicator for the presence of E. coli O157 (in one study, the
pathogen was detected in less than 1% of samples testing positive for E. coli [43]), but it is a
reasonable indicator for Cryptosporidium oocysts (in the same study, oocysts were detected in 40%
of samples testing positive for E. coli). Similarly, E. coli and turbidity were positively correlated in
surface water samples, but E. coli O157 was not significantly correlated with turbidity [44]. The
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findings of the research presented here support the questioning of the use of E. coli as an
appropriate indicator bacteria for E. coli O157 and as an indicator for the public health threat.
4.3. Land Use
The percent of agricultural land (PASTURE) and the percent of developed land (DEVELOPED)
were associated with increased risk for both diseases, suggesting multiple pathways of
transmission. A high percentage of developed land can be thought of as a proxy for high population
density, and a higher number of cases of disease would be expected in these areas, due to the
number of residents and consequent opportunities for human-to-human transmission. Agricultural
land was also associated with increased disease in the individual and in the population, likely due
to the presence of agricultural animals and opportunities for animal-to-human transmission [40,45].
The data used in this study were not sufficiently detailed to speciate the cryptosporidiosis cases
into C. hominis and C. parvum, which are the two species commonly associated with human-to-human
contact and animal-to-human contact, respectively. Others have found a positive association between
developed land and C. hominis and between agricultural land and with C. parvum [46], but there is
no way to test this using the cryptosporidiosis case data available for this study.
The association of developed land with E. coli O157 infection contrasts two other studies that
positively associated disease with rural areas [14] and [47] farm density. Their findings agree,
however, with the positive association between disease and agricultural land found in this study. The
significance of contrasting land use variables as risk factors for both diseases suggests multiple
pathways for infection. In developed land, transmission may be by human-to-human contact,
foodborne transmission or through direct animal contact during farm visits. In pasture and forested
lands, transmission may be through environmental contamination, foodborne transmission or
through animal-to-human contact. No data about the patient’s occupation was available in the
dataset; however, it is reasonable to recognize that farmers, farm families and farm workers will
have different exposures and immunity to both diseases, which may influence model results. The
significance of the interaction term between developed land and agricultural land for E. coli O157
infection can be thought of as a variable expressing the proximity of development to agriculture
(i.e., locations where developed land and agricultural land are both dominant), providing increased
opportunity for contact between residents and agricultural activity, which has been related to
increased risk for E. coli O157 infection [13,14].
4.4. Agricultural Animal Population Densities
The positive association of beef cow population density (BEEF) with increased risk for disease
agrees with other studies that have linked cattle populations with cryptosporidiosis [46,48] and
E. coli O157 infection [14,20,21]. Although beef cow population density was positively associated
with both diseases, dairy cow population density was not significantly associated with
cryptosporidiosis and was negatively associated with E. coli O157 infection. Because of the
differences in how their populations are associated with the two diseases, it is therefore important
to differentiate between beef and dairy cattle in similar studies. All cattle-related studies reviewed
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for this research treated cattle as one group, but this research suggests that the cattle population
should be partitioned into beef and dairy. The protective effect of dairy cow population density
may result from the regulation of farming practices in dairy farms, specifically the controls
required to capture and treat runoff, which reduce the pathogen load in the environment. In
contrast, beef cattle are more common in East Tennessee, and no environmental regulations exist to
control runoff from pasture land nor to control access to streams by cattle. Consequently, runoff
from agricultural fields is a non-point source of surface water pollution, which increases the
environmental pollution load. Interpreting the negative association between dairy cattle and E. coli
O157 infection as a protective effect is a plausible hypothesis, but cannot be confirmed at this point.
The positive association found between hog population density (HOG) and E. coli O157 infection
contrasts with two other studies that found a negative association [15] and no association [21].
4.5. Poverty Rate
Poverty rate was not retained as an explanatory variable for either disease, which may indicate
that poverty rate at the block group level is not a good indicator of risk for disease in the individual.
A better variable to include in the individual model may be the socioeconomic status of the
individual, rather than the individual’s block group, because the aggregate variable smoothes out
variability, and there is no way to know the actual socioeconomic status of the individual when
using aggregate data.
4.6. Well Permits
Well permit density was positively related to cryptosporidiosis and E. coli O157 infection.
While not indicative of drinking water source for a given case of disease, well permit density can
indicate whether private water supply is more or less common in a county, so it is a measure of the
availability of a private water supply. The finding that increased disease risk in the individual is
associated with decreased well density indicates that the availability of private water supplies has a
protective effect. Wells in the study area have an average depth of 309 feet, which easily bottom
within the karst limestone bedrock unit that underlies much of the study area. In fact, one eighth of
the deepest caves in the USA are found within karst areas of Tennessee, and because these caves
regularly descend beyond the average depth of the private wells, the depth of the wells is not a
compelling explanation for their apparent protective effect. Note, however, that this finding agrees
with a recent Tennessee Department of Health clinical epidemiological study on cryptosporidiosis
conducted in the Greene County, Tennessee, region from 2009 to 2011. This study used a
supplemental form to gather drinking water source, recreational water exposure, food, travel and
animal exposures at the individual level. No association with private water supplies was found.
This result, however, contrasts with other studies that associated private water supply with
increased risk for E. coli O157 infection [14] and cryptosporidiosis [17,48].
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4.7. Limitations
This study examines environmental risk factors for two diseases that can also be transmitted through
other exposures related to an individual’s behavior or lifestyle. These variables may include
consumption of undercooked beef or unpasteurized dairy products, visits to farms, contact with
infected persons and playing or swimming in contaminated surface water [3,11,14,45,46,49–51].
The individual models developed here do not capture this individual behavior, but instead, can
capture potential exposure to risk for the individual by inclusion of environmental variables at the
local scale. Proximity to contaminated surface water or to agricultural activity can increase the
likelihood that a person will come in contact with an environmental reservoir of cryptosporidiosis
or E. coli O157 and in this way can increase background risk. The individual model, therefore, can
be thought of as the environmental background risk at the individual level (large-scale
environmental risk).
Selection of a “best” model is secondary to identifying risk factors for E. coli O157 infection
and cryptosporidiosis from a set of potential environmental and socioeconomic explanatory
variables. An understanding of the environmental and socioeconomic variables that emerge as
significant risk factors for disease can help to inform policies to combat disease prevalence. Often,
these relationships can be discerned by exploratory mapping of disease cases overlaid with risk
factors; however, the modeling process is important to statistically quantify the risk and the
important risk factors. Risk maps, such as those displayed in Figures 2 and 3, can visually
communicate the environmental background risk for disease within the study area. Because
cryptosporidiosis and E. coli O157 infection are rare diseases, the probabilities are low, but
differences in high versus low risk are apparent.
Care must be taken in interpreting maps such as these, because individual behavior has not been
factored in. Background risk maps may therefore be most useful in developing the framework for a
public education campaign to combat a disease endemic within a population or in developing a
more in-depth epidemiological study. Knowledge of the explanatory variables used by the model to
generate the risk map can be useful to identify the behaviors to target in such a campaign, for
example warning residents of the risks associated with agricultural animal contact or playing in or
around an impaired stream. In this way, limited public health resources can be targeted at the
locations and the behaviors most associated with disease.
While geospatial analysis and the explicit inclusion of space when assessing disease risk can be
a valuable tool to identify populations at risk, any model is only as good as the data and
assumptions used to generate the model. Non-reporting of diseases because a patient does not seek
medical attention, because a sample is not taken during the medical examination or due to
incomplete reporting of disease incidence can erode the quality of a dataset. Patterns in nonreporting can also affect results if members of one socioeconomic group are less likely (or more
likely) to be exposed or to seek treatment [46]. Care must be taken, therefore, in the interpretation
of model results, because spatial differences in reporting rates may introduce bias into the modeled
relationship between disease and environmental risk factors.
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5. Conclusions
This research has shown that environmental variables are important risk factors for
cryptosporidiosis and E. coli O157 infection in the individual. Proximity to karst geology was
associated with both diseases, indicating that geology, specifically limestone and dolomite
formations that are prone to karst weathering, should be incorporated as a proximity measure in
waterborne disease risk models. Proximity to impaired surface water was a risk factor for
cryptosporidiosis, but not E. coli O157 infection, likely related to the utility of E. coli as an
indicator for E. coli O157.
Beef cow population density was positively associated with both diseases, while dairy cow
population density was negatively associated with E. coli O157 infection. Because of the different
results for cattle, populations should be partitioned into dairy and beef cattle when included as risk
factors in a model for cryptosporidiosis and E. coli O157 infection.
Multiple transmission sources for both diseases are indicated by the positive association
between percent agricultural land and percent developed land. Because both developed land and
pasture land are associated with increased risk for cryptosporidiosis, future studies of
environmental risk factors for cryptosporidiosis should partition the cases by species (C. hominis
and C. parvum) to examine the role of pasture and land use. To accomplish this, diagnostic
methods must identify Cryptosporidium at the species level.
Models such as these can be useful to identify important risk factors for disease and to generate
a background risk model. These results can then be used to develop a public education campaign to
target limited public health resources to address behaviors associated with the most important risk
factors in the communities where opportunities for those behaviors are most likely. These results
can also be used as the framework upon which to develop a more comprehensive epidemiological
or microbiological study to examine specific pathways for disease that focus on individual level
risk factors.
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Assessment of Geogenic Contaminants in Water Co-Produced
with Coal Seam Gas Extraction in Queensland, Australia:
Implications for Human Health Risk
William Stearman, Mauricio Taulis, James Smith and Maree Corkeron
Abstract: Organic compounds in Australian coal seam gas produced water (CSG water) are poorly
understood despite their environmental contamination potential. In this study, the presence of some
organic substances is identified from government-held CSG water-quality data from the Bowen
and Surat Basins, Queensland. These records revealed the presence of polycyclic aromatic
hydrocarbons (PAHs) in 27% of samples of CSG water from the Walloon Coal Measures at
concentrations <1 g/L, and it is likely these compounds leached from in situ coals. PAHs
identified from wells include naphthalene, phenanthrene, chrysene and dibenz[a,h]anthracene. In
addition, the likelihood of coal-derived organic compounds leaching to groundwater is assessed by
undertaking toxicity leaching experiments using coal rank and water chemistry as variables. These
tests suggest higher molecular weight PAHs (including benzo[a]pyrene) leach from higher rank
coals, whereas lower molecular weight PAHs leach at greater concentrations from lower rank coal.
Some of the identified organic compounds have carcinogenic or health risk potential, but they are
unlikely to be acutely toxic at the observed concentrations which are almost negligible (largely due to
the hydrophobicity of such compounds). Hence, this study will be useful to practitioners assessing
CSG water related environmental and health risk.
Reprinted from Geosciences. Cite as: Stearman, W.; Taulis, M.; Smith, J.; Corkeron, M. Assessment
of Geogenic Contaminants in Water Co-Produced with Coal Seam Gas Extraction in Queensland,
Australia: Implications for Human Health Risk. Geosciences 2014, 4, 219-239.
1. Introduction
The commercial production of CSG (coal seam gas, also known as “coalbed methane”, “coal
seam methane” or “coalbed natural gas”) in the Bowen and Surat Basins, Queensland (QLD) has
emerged as an important unconventional natural gas supply and cleaner energy alternative than
conventional fossil fuels. CSG production requires the withdrawal of groundwater from coal seams
and associated strata to depressurize the coal, allowing natural gas (mainly methane) held in coal
micropores to desorb and flow through the coal’s fractures to a production well for extraction. The
groundwater withdrawn from coal measures is referred to here as “CSG water”, but is also
commonly known as “produced water”, “formation water” or “associated water”. In 2009–2010, an
estimated 17 gigalitres (GL) of CSG water was extracted from Queensland gas fields supplying the
domestic gas market [1]. As CSG production increases to supply international liquefied natural gas
(LNG) markets, annual volumes of extracted CSG water are estimated to increase to over ten times
the 2009/2010 production rate (e.g., to about 200 GL/year by 2030) [2].
CSG water is distinct from “flowback water”, which is the fluid recovered from a gas
production well soon after water, sand and other chemical additives have been injected during
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hydraulic fracturing (“fracking”). Where hydraulic fracturing occurs, the “flowback water” is
extracted and its volume is usually 110%–150% the volume of the injected fracturing fluid
considering the contribution of formation water. Any produced water after the 110%–150% volume
recovery of flowback water should be considered CSG water [3]. Furthermore, distinctions should
be made between coal seam gas and other unconventional gas resources such as shale gas and
underground coal gasification (UCG), to avoid incorrectly applying environmental management
strategies which are specific to other types of technology in the gas industry.
The withdrawal and disposal of CSG water is perhaps the most important environmental
management issue associated with CSG production, due to the large volumes of water being
extracted, its specific water quality and its natural variations [4,5]. The often highly sodic and
alkaline chemical composition of CSG water in Queensland presents potential risks to surface soils,
shallow aquifers and watersheds [6,7]. Under the Environmental Protection Act 1994, CSG water
is defined as a waste product of gas extraction. However, the Queensland government (Department
of Environment and Heritage Protection) strongly encourages the beneficial reuse of CSG water
for the environment, landholder and rural communities as best management practice [8].
1.1. Co-Produced Water and Human Health
Whereas attention has been given to assessing environmental risk related to CSG water, little
scientific consideration is given to human health impacts. Community groups opposed to CSG
development often make unqualified public statements insinuating human toxicity risk from CSG
production water (e.g., [9]). Additionally, several studies [10–13] hypothesize the link between
coal derived organic compounds in rural groundwater and kidney disease (Balkan Endemic
Nephropathy, BEN). However, very few studies directly assess CSG water composition and its
potential for adverse human health impacts. Closing this knowledge gap would best constrain the
risk (if any) to landholders and communities in QLD that access water supply from coal associated
aquifers (e.g., Walloon Coal Measures), communities receiving potable supply from treated CSG
water [14] and stakeholders who may be exposed directly or indirectly to CSG water [15].
Most studies of CSG water quality focus on its inorganic composition, including salinity, high
sodicity and trace metal occurrence [16–25]. For example, the vast majority of QLD CSG waters
contain elevated Na+, HCO3í and sometimes Clí as the dominant ions, have fresh to brackish
salinity (200–10,000 mg/L) and neutral to basic pH (pH 7–9) [6,26]. However, the concentrations of
the major ions in CSG water are often site or basin specific, reflecting localized lithological and
hydrological controls.
Less literature exists regarding the organic composition of CSG water. Coal is a complex,
organic sedimentary rock that contains many compounds that are known, or have the potential to
be, hazardous to human health. These include polycyclic aromatic hydrocarbons (PAHs), heterocyclic
compounds, phenolics, biphenyls and aromatic amines. Since CSG water is groundwater in contact
with coal, there is potential for leaching of trace levels of organic compounds from those coals.
Among the more important factors that influence the inventory of potentially mobile organic
compounds in coal are maceral type, coal rank, coal age and the nature of microbial degradation
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acting on those coals [27]. While there is a theoretical likelihood for potentially toxic organic
compounds in CSG water, studies testing and discussing this are scarce (see [27–29]).
In Queensland, publicly available baseline and monitoring data regarding organic substances
in CSG water is mainly limited to company environmental impact assessments and consultant
reports [30,31]. These data are often limited to the common aromatic compound classes—PAHs,
phenolics and BTEXs (benzene, toluene, ethylbenzene and xylene)—which are all usually reported
below detection limits from well and holding pond samples.
The organic composition of CSG water from the Powder River Basin (WY, USA) was described
as part of a larger study on the potential health effects of coal derived organics [28]. At ultra-trace
detection levels (<1 g/L), the most commonly observed group of organic compounds from the
Powder River Basin CSG waters were the PAHs (with total PAH concentrations ranging up to
23 g/L), along with trace levels of phenols, biphenyls, heterocyclic compounds and aromatic
amines. Similar compounds have been reported (at trace levels) in CSG water from other US gas
plays such as the Black Warrior Basin, Tongue River Basin, Williston Basin and Illinois
Basin [32]. In addition to the semi-volatile aromatics, BTEX compounds have been detected in
CSG water from wells targeting the San Juan and Raton basins in the United States, with benzene
concentrations ranging from below detection limits, up to 500 g/L [26]. BTEX compounds have
also been reported from eight CSG exploration wells in the Surat Basin, but little specific
information is publicly available [27].
In assessing human health risk, presence of chemical compounds alone does not automatically
equate to higher risk. Concentrations, bioavailability and exposure pathways are equally important
variables impacting risk but identification of potential toxins in source material (CSG water) are
the first requirement in risk assessment. The high density of CSG production wells in the Surat and
Bowen Basins of southern Queensland provides an excellent opportunity to characterize the
organic composition of CSG water. This study determines the concentration and types of some likely
coal-derived organic compounds in CSG water from production wells targeting Jurassic Walloon
Coal Measures of the Surat Basin and the Permian Bandanna Formation of the Bowen Basin from a
2010 dataset. In addition, in order to test for leachable organic compounds from coal and therefore
potential contaminants in CSG water, we undertook a series of leachate experiments on fresh coal
samples of differing rank. Preliminary experimental results are presented to characterize the release
of aromatic compounds from coal to water. These findings are pertinent to future human health and
environmental risk assessment as the first step in clarifying the presence of potential toxins.
1.2. Study Areas
The Permian to Triassic Bowen Basin is the northern extension of the Bowen-Gunnedah-Sydney
Basin system of eastern Australia. To the west the Bowen Basin is linked to the Galilee and Cooper
Basins and to the south, it is overlain by the Surat Basin (Figure 1). CSG fields currently in
production in Queensland include both Bowen and Surat Basin coal seams (Bandanna Formation
and Walloon Coal Measures, respectively).
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Figure 1. Coal seam gas (CSG) water study areas and localities for coal samples used
in leaching experiments. The red boxes mark high production areas where CSG water is
extracted from the Bandanna Formation (Bowen Basin) and Walloon Coal Measures
(Surat Basin). The desktop CSG water quality data was taken from these areas.

1.2.1. Bandanna Formation, Bowen Basin
The late Permian Bandanna Formation consists of siltstone, lithic sandstone, carbonaceous shale
and coal. The depositional setting of the Bandanna Formation is interpreted as a large fluvio-deltaic
system infilling a lake, or a land-locked sea, which is recorded in the underlying Black Alley
Shale [33]. The seams targeted for gas production in the study area consist of high vitrinite coals
(up to 70%) with a mean maximum vitrinite reflectance (Rv, max) of approximately 0.9% [34].
The Bandanna coals of the study area are high volatile-A (HvA) bituminous to medium volatile
(Mv) bituminous in rank and in general, they occur in relatively thicker and more laterally
extensive seams than that of the Walloon Coal Measures of the eastern Surat Basin [35,36].
1.2.2. Walloon Coal Measures, Eastern Surat Basin
The Walloon Coal Measures consists of lithic sandstones, siltstones and claystones with thin
coal seams [37,38]. The depositional setting of the Walloon Coal Measures was an alluvial plain,
traversed by meandering streams. Coal measures occurred mainly as swampy overbank and flood
plain deposits. Coal seams thicknesses are variable and are often split as a result of from constant
stream channel switching [37,39,40]. Coal seams targeted for CSG production are the Juandah and
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Taroom coal measures which are separated by the Tangalooma Sandstone and unconformably
overlain by the Springbok Sandstone. The coals of the study area are sub-bituminous to high
volatile-C (HvC) bituminous with an Rv, max between 0.35% and 0.65% [36,38]. CSG well depths
of the study area are 451–825 m and rank increases with depth [36,38].
2. Methods
2.1. CSG Water Organic Analyses
Desktop analysis of government-held water quality data from gas producing wells was
conducted to characterise some organic compounds in CSG water. The data were originally
collected by the CSG industry and supplied to QLD Government as a regulatory requirement. It is
assumed that all relevant quality assurance and control checks were conducted by the samplers and
analysts that produced these datasets, although chain of custody data were not available.
The dataset included organic analyses from 58 production wells targeting the Permian Bandanna
Formation from 2009 to 2010 and 47 production wells from the Walloon Coal Measures from
2010. Additional organic analyses were from the holding pond of the Walloon Coal Measures
production area from 2010. Analytes are common organic compound classes of environmental
importance (e.g., PAHs, phenolics and BTEXs).
2.2. Leaching Experiments
A series of leaching experiments was undertaken on a range of coals of differing rank in order to
determine the potential leachability of semi-volatile PAHs and phenolic compounds. The patterns
of aromatic compounds in coal change with increasing coal maturity [41–43] and therefore the
water leachable aromatic fraction may also change. The experiments aimed to assess the difference
in mobility of PAHs and phenolics from coals of different rank (lignite to bituminous) when
leached using different water types (acidic to basic). The toxicity characteristic leaching procedure
(TCLP) is a standard method (United States Environmental Protection Agency, USEPA,
Washington, DC, USA) to determine the mobility of both organic and inorganic analytes present in
liquid and solid materials (USEPA Method No. 1311) and was here adapted and applied to solid
coal samples. Table 1 shows the leaching conditions used in this study. In addition to TCLPs
performed with the standard acetic acid fluid, adapted TCLP experiments were also performed with
deionized water and a synthetic CSG water solution. Coal samples were leached in triplicate with
deionized water including a batch of tests conducted with powdered coal samples (<400 m). Coal
samples were leached in duplicate with the synthetic CSG water (Table 1).
The deionized water leachant for all leach experiments was Milli-Q ultra-filtered water. The
synthesized CSG water used was mixed according to the observed ionic character of production
waters. Most often, the dominant ions in QLD CSG water are sodium (Na+), bicarbonate (HCOí3)
and chloride (Clí). To achieve this Na-HCO3-Cl chemical type, analytical grade sodium chloride
(NaCl) and sodium bicarbonate (NaHCO3) were dissolved in Milli-Q water. The final pH of the
synthetic CSG water used in each extraction varied from 8.6 to 8.9 with an average total dissolved
solids (TDS) concentration of 1350 mg/L.
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Table 1. Leaching experiments and conditions. All experiments were performed at
room temperature (25 °C) for 18.5 h.
Sample#
A-LIG-1
A-SUB-1
A-BIT-1
N-LIG-1
N-SUB-1
N-BIT-1
B-LIG-1
B-SUB-1
B-BIT-1
N-LIG-2
N-SUB-2
N-BIT-2
B-LIG-2
B-SUB-2
B-BIT-2
P-LIG-3
P-SUB-3
P-BIT-3
NB-1
BB-1

Coal
Lignite
HvA-bituminous
Mv-bituminous
Lignite
HvA-bituminous
Mv-bituminous
Lignite
HvA-bituminous
Mv-bituminous
Lignite
HvA-bituminous
Mv-bituminous
Lignite
HvA-bituminous
Mv-bituminous
Lignite *
HvA-bituminous *
Mv-bituminous *
n/a
n/a

Leachant
TCLP Extraction fluid # 1
TCLP Extraction fluid # 1
TCLP Extraction fluid # 1
Deionised water
Deionised water
Deionised water
Synthetic CSG
Synthetic CSG
Synthetic CSG
Deionised water
Deionised water
Deionised water
Synthetic CSG
Synthetic CSG
Synthetic CSG
Deionised water
Deionised water
Deionised water
Deionised water
Synthetic CSG

Notes: n/a = control samples, * powdered (<400 m) coal samples.

All glassware used in the leaching experiments was cleaned carefully to minimize contamination.
Prior to use in leach experiments or filtrations of leachates: glassware and Teflon lined caps were
hot soaked in detergent overnight, scrubbed and rinsed successively in tap water, deionised water
and acetone. If any excessive contamination was observed on the equipment, it was soaked
overnight in 20% nitric acid prior to the regular rinsing process. Glassware and glass fiber filters
were baked in an oven overnight at 150 °C before use in experiments and sample collection the
next day. Glassware used to collect filtered samples was pre-contaminated with a small volume of
filtrate and that volume was discarded before additional filtering took place. Controls were treated
in the same way as samples during the experiments.
Extraction and Analysis
All TCLP leachates were vacuum filtered through 0.6–0.8 m glass fiber filters with glass and
porcelain filtration apparatus and collected in amber glass bottles with Teflon-lined caps. In brief,
all filtered TCLP samples were stored at <4 °C for sample preservation prior to liquid/liquid
extraction with dichloromethane for analysis. Analysis was conducted using a Finnigan SSq 710
gas chromatography/mass spectrometer operating in full scan mode according to Queensland
Health and Forensic Scientific Services (QHFSS) SOP No. 15639 for PAHs and phenols.
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2.3. Coal Samples
All coal samples used in the leach experiments were taken from open-cut coal operations in
eastern Australia. The coal samples and their properties are shown in Table 2. The surface portion
of each coal sample was chipped away to maximize fresh exposed coal.
Table 2. Coal samples used for leaching experiments and basic properties. Figure 1
shows the locations of basins and coal mines relevant to this study.
Sample

Locality

Age

Carbon %
(d.a.f *)

Vitrinite Reflectance
(Rv, Max)

LIG

Gippsland Basin, Victoria

Middle Miocene

66

0.3%

Lignite B

Rank

SUB

Moreton Basin, Queensland

Middle Jurassic

80

0.57%

High volatile
bituminous A

BIT

Sydney-Gunnedah Basin,
New South Wales

Early Permian

85

0.67%

Medium volatile
bituminous

Note: * Dry, ash free.

3. CSG Water Results
CSG waters from production wells targeting the Bandanna Formation contain no PAH or BTEX
compounds above detection limits. The minimum detection limit for PAHs in the Bandanna
Formation analyses was 1 g/L, except for benzo[a]pyrene (0.5 g/L). BTEX compounds were
analyzed at 1 to 2 g/L detection limits. These detection limits are equal to those applied to organic
analyses in publicly available reports which also reported nil detections for aromatic compounds
e.g., [31]. Currently, there is no standard set for analytical detection levels of aromatic compounds
from coal seam gas water.
Detection limits used in the Walloon Coal Measures CSG water samples (circa 0.01 g/L) were
two orders of magnitude lower than the Bandanna Formation analysis. The concentrations and
detection limits for select organic compounds from CSG waters of the Walloon Coal Measures are
shown in Table 3. 13 of the 47 wells analyzed (27%) had ultra-trace concentrations of PAH
compounds. All 47 wells had nil detections for phenolic compounds and the 14 wells analyzed for
BTEX compounds also reported nil detections.
The most commonly detected PAHs were naphthalene and phenanthrene which were both
detected in seven sampled wells. The maximum naphthalene and phenanthrene concentrations from a
single well were 0.046 g/L and 0.02 g/L, respectively. Of all detected PAHs, naphthalene was
detected at the highest concentration, followed by benzo[b+k]fluoranthene (0.033 g/L). The
benzo[b+k]fluoranthene analyte is the total concentration of the benzo[b]fluoranthene and
benzo[k]fluoranthene compounds and individual concentrations of each cannot be ascertained. Of
the 47 sampled wells, only five produced CSG water with more than one individual PAH compound
and the maximum total PAH concentration reported from any single well was 0.083 g/L.

91
Table 3. Concentrations of polycyclic aromatic hydrocarbons (PAHs) from Walloon
Coal Measures’ CSG waters, as sampled from production wells. Only detected PAHs
are shown. BDL = below detection limit.
Detection Limit
% of Wells with
Range (g/L)
(g/L)
Detections
Naphthalene
0.01
BDL–0.046
23
Phenanthrene
0.01
BDL–0.046
20
Pyrene
0.01
BDL–0.01
2
Chrysene
0.01
BDL–0.016
2
Benzo[b+k]fluoranthene
0.01
BDL–0.033
9
Dibenz[a,h]anthracene
0.01
BDL–0.014
9
PAHs

3.1. CSG Water Holding Pond
The CSG water holding pond of the Walloon production area was sampled six times over a one
month period in 2010. In this dataset, naphthalene and phenol were the only detected compounds at
0.06 g/L and 0.3 g/L, respectively. Both analytes were only detected once during the sampling
program. None of the higher molecular weight PAHs were detected in the holding pond.
3.2. Leaching Experiment Results
No PAHs or phenolic compounds were reported in the leachates of the standard TCLPs
performed with the acetic acid solution from any coal rank. The minimum detection levels for that
group of TCLPs were 0.5–1 g/L for PAHs and 1–2 g/L for phenolics. These results suggest that
even during a high energy agitation in an acid fluid, these aromatic compounds will not leach at
considerable concentrations. Analytical detection levels for the deionized and synthetic CSG water
solutions were lowered appropriately to assess whether these hydrophobic substances will leach at
ultra-trace (0.01 g/L) concentrations.
PAHs were present in the deionized water (Table 4) and synthetic CSG water (Table 5)
leachates. Individual PAH compounds leached from coal samples included: naphthalene,
phenanthrene, fluoranthene, pyrene, chrysene, benz[a]anthracene, benzo[b+k]fluoranthene and
benzo[a]pyrene. Naphthalene was detected at the highest concentrations (0.42 to 0.67 g/L) and
only leached from lignite. The only other PAH compound to leach from lignite samples was
phenanthrene (at a concentration of 0.01 g/L) and only in one synthetic CSG water leach. In four
of the five tests performed with lignite, phenol leached at average concentrations of 0.3 g/L.
The bituminous coals leached individual PAH compounds with less consistency than the lignite
sample. The HvA-bituminous sample leached PAH compounds in only two of the five TCLPs
and only in deionized water. PAHs leached from the HvA-bituminous coal were pyrene (0.01 to
0.02 g/L) and fluoranthene (0.01 to 0.03 g/L) (Figure 2). The Mv-bituminous coal leached PAH
compounds in three of the five TCLPs performed with that coal and only in deionized water, not to
synthetic CSG water. The leachate of a powdered Mv-bituminous coal (in deionized water)
contained similar PAHs as only one of the roughly crushed Mv-bituminous leachates.
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Table 4. Concentration ranges of selected organics from toxicity characteristic
leaching procedure (TCLP) experiments performed with deionized water. BDL = below
detection limit.
Coal Rank

Polycyclic aromatic
hydrocarbons

Detection Limit
(g/L)

Lignite

HvA-Bituminous

Mv-Bituminous

Naphthalene
Acenaphthylene
Acenaphthene
Fluorene
Phenanthrene
Anthracene
Fluoranthene
Pyrene
Benz[a]anthracene
Chrysene
Benzo[b+k]fluoranthene
Benzo[a]pyrene
Indeno[1,2,3-cd]pyrene
Dibenz[a,h]anthracene
Benzo[ghi]perylene

0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01

0.43–0.67
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL

BDL
BDL
BDL
BDL
BDL
BDL
BDL-0.03
BDL-0.02
BDL
BDL
BDL
BDL
BDL
BDL
BDL

BDL
BDL
BDL
BDL
BDL-0.01
BDL
BDL-0.03
BDL-0.05
BDL-0.02
BDL-0.01
BDL-0.01
BDL-0.01
BDL
BDL
BDL

Phenolics

Detection Limit
(g /L)

Lignite

HvA-Bituminous

Mv-Bituminous

Phenol
2-Chlorophenol
2-Methylphenol
4-Methylphenol
2-Nitrophenol
2,4-Dimethylphenol
2,4-Dichlorophenol
2,6-Dichlorophenol
4-Chloro-3-methylphenol
2,4,6-Trichlorophenol
2,4,5-Trichlorophenol
2,4-Dinitrophenol
4-Nitrophenol
2,3,4,6-Tetrachlorophenol
2-Methyl-4,6-dinitrophenol
Pentachlorophenol

0.25
0.25
0.25
0.25
0.25
0.25
0.25
0.25
0.25
0.25
0.25
2.5
1
0.3
0.5
1

BDL–0.32
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL

BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL

BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
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Table 5. Concentration ranges of selected organics from TCLP experiments performed
with synthetic CSG water.
Coal Rank

Polycyclic aromatic
hydrocarbons

Detection Limit
(g/L)

Lignite

HvA-Bituminous

Mv-Bituminous

Naphthalene
Acenaphthylene
Acenaphthene
Fluorene
Phenanthrene
Anthracene
Fluoranthene
Pyrene
Benz[a]anthracene
Chrysene
Benzo[b+k]fluoranthene
Benzo[a]pyrene
Indeno[1,2,3-cd]pyrene
Dibenz[a,h]anthracene
Benzo[ghi]perylene

0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01

0.58–0.64
BDL
BDL
BDL
0.01
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL

BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL

BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL

Phenolics

Detection Limit
(g/L)

Lignite

HvA-Bituminous

Mv-Bituminous

Phenol
2-Chlorophenol
2-Methylphenol
4-Methylphenol
2-Nitrophenol
2,4-Dimethylphenol
2,4-Dichlorophenol
2,6-Dichlorophenol
4-Chloro-3-methylphenol
2,4,6-Trichlorophenol
2,4,5-Trichlorophenol
2,4-Dinitrophenol
4-Nitrophenol
2,3,4,6-Tetrachlorophenol
2-Methyl-4,6-dinitrophenol
Pentachlorophenol

0.25
0.25
0.25
0.25
0.25
0.25
0.25
0.25
0.25
0.25
0.25
2.5
1
0.3
0.5
1

0.26–0.31
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL

BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL

BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
BDL
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Figure 2. Aromatics (mostly PAHs) leached from coal samples with deionized water and
their relative concentrations. PAHs reported from Walloons CSG water samples are
also shown.

4. CSG Water Discussion
The PAH compounds identified in the Walloons CSG water are likely coal derived, based on
their similarity to: known PAH composition in coals [43,44], PAHs leached from coals herein
(Tables 4 and 5), and PAHs identified in CSG Water of the Powder River Basin [28]. Naphthalene
and phenanthrene are the most water soluble PAHs, likely accounting for their increased presence
in CSG waters relative to the higher molecular weight PAHs (see Table 6). However, the lower
molecular weight PAHs detected in the Walloon Coal Measures CSG water (naphthalene,
phenanthrene and pyrene) are considered to be less harmful to human health than the higher
molecular weight PAHs [45]. The detected PAHs with 4 and 5 aromatic rings—chrysene,
benzo[b]fluoranthene and dibenz[a]anthracene—are suspected human carcinogens [45,46], based
largely on data from toxicological tests in rodents. The higher molecular weight PAHs, such as
benzo[a]pyrene and dibenzo[a,l]pyrene (5 and 6 rings, respectively), are suggested to cause cancer
through metabolic activation in cells and formation of stable adducts that damage DNA [47–49].
Benzo[a]pyrene (BaP) is the only PAH with a trigger threshold (0.01 g/L) in Australian drinking
water guidelines (ADWG). The ADWG state that insufficient data are available to set a guideline
limit for other PAHs (National Health and Medical Research Council, Canberra, ACT, Australia,
2004). Orem et al. [28] summarized international PAH guidelines in drinking water according to the
United States Environmental Protection Agency (USEPA) and World Health Organization (WHO).
Under the ADWG, USEPA and WHO guidelines, no single Walloon CSG well produced water that
would exceed the regulatory levels for PAHs. The drinking water guidelines are provided purely as
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a relative index to the aromatic concentrations in CSG water and do not imply that
untreated CSG water is ever used as potable supply in Queensland. Under Australian
environmental guidelines [50], such as those applied to water quality in aquatic ecosystems, only
naphthalene has a trigger value (16 g/L for a 95% species protection level) whereas all higher
molecular weight PAHs have insufficient data available to set guideline values.
None of the higher molecular weight, potentially harmful PAHs present at very low
concentrations in the CSG water from Walloon wells were present in the holding pond. This is an
important consideration when reviewing CSG water quality data from production wells,
particularly in the context of ultra-trace organics and also because the holding pond is the feedstock
for treatment and beneficial reuse of CSG water. If a small number of wells produce CSG water
containing minute amounts of suspected harmful PAHs and the vast majority of wells do not
produce CSG water with those compounds above the detection limit, then the PAHs may be further
diluted by mixing in the holding ponds. Therefore analysis—particularly of the very insoluble PAH
compounds discussed here—may result in nil detection of those compounds from the ponds, despite
their presence in water from individual wells. Other processes, such as rainwater input, the binding
of PAHs to soils and sediments [51] and UV degradation [52,53] may also reduce PAH
concentrations in ponded water.
Orem et al. [28] identified PAHs including naphthalene, phenanthrene, fluorene and pyrene in
CSG water from a small number of wells targeting the Powder River Basin coals. However, that
work more commonly identified functional derivatives of PAH compounds (e.g., alkylated
naphthalene, methylpyrene, dimethylphenanthrene) that are not regular water quality analytes in
Queensland and often have unknown toxicities. Derivative forms of PAHs are a significant part of
the molecular composition of coals [54] and necessitate higher resolution analysis of QLD CSG
water to quantify their occurrence and any potential health risks those compounds may pose.
4.1. Leaching Experiment Discussion
The concentrations of organics leached from lignite were an order of magnitude greater than the
bituminous samples (Figure 2). This concurs with the increased solubilization of lower rank coals
relative to higher rank coals as described by some authors [27,55]. In aqueous leaching
experiments of various coals, Maharaj et al. [56] also observed higher concentrations of aromatics
in some (but not all) lignite leachates relative to bituminous samples. Naphthalene and phenol are
more soluble than the higher molecular weight PAHs (Table 6 [57,58]) and also more likely to be
cleaved from the less condensed aromatic framework of a low rank coal [55]. This is consistent
with the increased presence and concentration of lower molecular weight PAHs (and their
derivatives) in organic results from CSG wells targeting lignite to sub-bituminous coals of the
Powder River Basin [28].
PAHs detected in Mv-bituminous leachate were of 3, 4 and 5 aromatic ring structures, including
pyrene, fluoranthene, chrysene, benzo[a]anthracene, benzo[b+k]fluoranthene and benzo[a]pyrene.
Benzo[a]pyrene (BaP) is a known carcinogen with very low solubility and high affinity to remain
in the organic phase [59,60]. It is detected in the Mv-bituminous leachate results at its threshold
concentration in the ADWG (0.01 g/L). The filtered coal leachates likely contained other
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dissolved humic material from the coals given the observed yellow/brown colour. The presence of
this organic matter may have enhanced the solubility of BaP and other higher molecular weight
PAHs [61].
Table 6. Aromatic compounds detected in Walloon Coal Measures CSG water and
leaching experiments with their physico-chemical properties [57,58].
Molar Mass Solubility at
No. of
Log KoW *
(g/mol)
25 °C (g/L)
Aromatic Rings
Phenol
94.1
83,000,000
1.46
1
Naphthalene
128.2
31,000
3.37
2
Phenanthrene
178.2
465
4.46
3
Fluoranthene
202.3
260
4.9
3
Pyrene
202.1
133
4.88
4
Benz[a]anthracene
228.3
11
5.63
4
Chrysene
228.3
1.9
5.63
4
Benzo[b]fluoranthene
252.3
2.4
6.04
4
Benzo[k]fluoranthene
252.3
2.4
6.21
4
Benzo[a]pyrene
252.3
3.8
6.06
5
Dibenz[a]anthracene
278.3
0.4
6.86
5
Compound

Note: * Log Kow refers to the octanol-water partition coefficient whereby higher values denote
compounds more likely to partition into organic phases rather than aqueous phases.

The 3–5 ring PAHs present in the deionized water leachates of bituminous coals were not
detected in the synthetic CSG water leachates. PAHs leached in deionized water were exceedingly
low and their absence in the synthetic CSG water may relate to the decreased ability of that fluid to
leach and dissolve very non-polar substances as ionic strength increases [62,63]. The lack of
phenol in the bituminous leachates may relate to their increased coal maturity. As coalification
increases (and O and H decrease) the concentrations of hydroxylated aromatics are lowered relative
to those present in lower rank coals [44].
4.2. Aromatic Compound Mobilization from Coal
The macromolecular network of coal contains aromatics in two phases. During coalification,
resistant plant biopolymers are turned into a progressively denser, aromatic, three-dimensional
network [42]. Within the network structure, a “mobile” phase of smaller molecules is more weakly
bonded and can more easily leach to the environment [64]. The mobility of these compounds
makes them of greater human health concern. The PAHs present in the leachates of coal samples
most likely represent constituents of the mobile phase.
The leach results suggest that types of compounds leached from coals to deionized water
become increasingly aromatic with increasing coal rank. The lowest rank coal leached 1 and 2 ring
aromatics at the highest concentrations and the highest rank coal leached 3, 4 and 5 ring aromatics
at the lowest concentrations (Figure 2). Conversely, Stout et al. [43] observed more 4–6 ring PAHs
in extracts of lignite and sub-bituminous coals compared with greater 2–3 ring PAHs in higher rank
coals of the western United States. In addition, those authors showed an increasing concentration of
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total PAHs in coal with coalification (up to the bituminous rank) (see Figure 4 of [43]). However,
the types of aromatics in the molecular structure of coal do not have a systematic relationship to
coal maturity alone. Detailed maceral composition (currently unavailable for these samples) and
coal origin is also a major factor [44,54]. Laumann et al. [54] observed that when considering coals
of different origin from multiple basins, 2–3 ring PAHs dominate molecular composition regardless of
coal maturity.
Results from previous studies [43,54] in which compounds were extracted with organic solvent
are not directly comparable to this study, however. Extract composition from natural water will
likely differ depending on PAH sorb/desorb behaviour, the ability of coal to act as a geosorbent,
PAH solubility in natural waters and the co-elution of PAHs to other dissolved humic material.
For example, the very low concentrations of the higher molecular weight (and potentially harmful)
3–5 PAHs detected in the bituminous leachates may be better explained by their very low
solubilities in water and higher binding affinities (Log Kow) for organic matter (Table 6), rather
than their relative abundances in coal samples.
Attempting to predict types and concentrations of leached aromatic compounds based purely on
coal properties of individual seams may prove unrealistic when trying to correlate these results to
the concentration of compounds in water samples from actual CSG production fields.
Complications in such modelling would arise when sampling water from open-hole completed
wells, where many potentially variable coal seams and their inter-seam sediments are targeted for
gas extraction. Also, the inflow of groundwater from aquifers hydraulically connected to the coal
seams may dilute any expected compounds, thus site specific hydrogeological conditions must be
considered. Where hydraulic fracturing has occurred, organic additives used in injection fluids (see
Table 2 of [3]) may also have the potential to solubilize coal derived hydrocarbons [29] to CSG
waters, particularly where flowback recovery does not appropriately “flush” the formation water.
Furthermore, some insoluble aromatic compounds reported in this study occur very close to their
detection limits and thus their analytical reproducibility in CSG water may be infrequent.
4.3. Human Health Risk
The first phase of human health risk assessment includes hazard identification and dose
response. That is, identification of a substance or situation that has the potential to cause adverse
health effects and at what levels of exposure (dose). Risk, as a measure of likelihood of occurrence
and severity of outcome, is usually then assessed based on site-specific characterization of
pathways of human exposure including acute, cumulative and multiple exposures. Additionally,
physiological response to dose may predict the severity of human response or adverse
health effects.
This study provides evidence that a minority of Queensland CSG water samples contain some
organic compounds recognized as potential health hazards. The significance of these findings
however, lies in the relatively small number of samples containing the compounds and the very low
concentrations in which they are present. These factors greatly reduce the likelihood of human
exposure at doses significant to induce adverse physiological response, at least in short-term
exposure scenarios. If present, many potentially harmful coal derived substances can be reduced to
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negligible levels with common CSG water treatment methods [4,26,31]. Yet more publicly
available research employing low detection level (<1 g/L) analysis of the wide range of
potentially dissolved organics in CSG water would assist in refining risk assessments and
site-specific treatment methods.
The risk is less clear for hazard accumulation and multiple exposure scenarios and this
uncertainty indicates the need for further analysis of both models of organic compound accumulation
and migration in ground and surface water before and after treatment and definition of potential
pathways of human exposure to these waters. Additionally, future toxicology studies targeting the
key compounds identified in this study can clarify the dose-response relationship to adverse health
outcomes. A broader understanding of these issues will provide the basis for informed and
appropriate industry regulation to best monitor for and militate against release of hazardous
substances through CSG production.
4.4. Detection Limits and Reporting
In some instances, the detection level (DL) of some organic compound classes in CSG water
may be too high to adequately assess the occurrence of potentially harmful compounds. Aromatic
compounds such as BaP have regulatory limits (0.01 g/L) 50 times less concentrated than the
minimum DL of the Bandanna Formation dataset (0.5 g/L) of this work and the small number of
publicly available QLD CSG water organic datasets. Analysis at this level prevented a comparison
of dissolved aromatics from Walloon and Bandanna production fields. In addition, relatively high
DLs still leave a knowledge gap regarding the occurrence of generally insoluble, but
environmentally regulated coal derived organics. BaP was leached from coal in this study at its
regulatory limit, thus highlighting the importance of appropriate DLs in CSG water analysis.
Sometimes (even where DLs are sufficiently low) average concentrations of organic compounds
across production fields are reported rather than ranges of detected levels. Whilst such reporting is
practical for characterizing CSG water quality for legislative requirements and bulk treatment
technologies, rare relatively high concentrations of organic compounds detected from individual
wells may be ameliorated by the field average. It is therefore best practice to present organic
concentrations of CSG water from individual wells in monitoring and regulatory data, as well as
production field averages.
5. Conclusions
Analyses conducted in this study show that BTEX compounds and phenolic compounds were
absent from CSG waters in the Bandanna Formation (Bowen Basin) and Walloon Coal Measures
(Surat Basin) from production wells operating between 2009 and 2010. Coal seam gas water in the
Surat Basin can contain ultra-trace ranges of polycyclic aromatic hydrocarbons (PAHs) including:
naphthalene, phenanthrene, chrysene, benzo[b]fluoranthene and dibenz[a]anthracene, which are
most likely sourced from the sub-bituminous to bituminous coals of the Walloon Coal Measures.
Some of these compounds are suspected toxins. However, no single producing well contained
organic compounds in concentrations that would exceed Australian Drinking Water Guidelines, or
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USEPA and WHO drinking water guidelines for PAHs. In addition, the holding pond for the
Walloons production area contained none of the 3–5 ring PAHs detected in water samples from the
CSG wells.
One aim of this study was to assess the potential differences between structure and
concentration of organics leached from different ranked coals. However, coal leaching results
could not be compared directly to CSG water sample analyses which had been previously collected
by CSG producers, because of the higher detection limits associated with these sample analyses
(e.g., detections 1 g/L for the Bandanna Formation CSG water). An analysis with a minimum
detection level circa 0.01 g/L is more in line with trigger levels for regulated compounds such as
benzo[a]pyrene, a known carcinogen which was shown to leach from a bituminous coal in a
laboratory setting. Should CSG operators have approval for untreated beneficial use of CSG water
(e.g., discharge to streams, land irrigation, managed aquifer injection), it is recommended that the
BaP limits of detection used in PAH analysis should be set at 0.01 g/L (the most stringent
regulatory level).
PAHs are present within coal samples at appreciable concentrations [44,54], but only ultra-trace
concentrations of the more toxic higher molecular weight PAHs are likely to leach to waters
because they are hydrophobic organic substances. Variable aromatic structures (PAHs and phenols)
will likely leach from coals of different rank. Higher molecular weight PAH compounds were
leached to water (including chrysene, benzo[a]anthracene and benzo[a]pyrene) from the highest
rank coal analyzed in this study, whilst lower molecular weight compounds leached at greater
concentrations from the lowest coal rank. This trend seems to correlate with conceptual trend of
increasing aromaticity of the coal molecular structure with increasing rank, but maceral
composition and the presence of other dissolved organic material could be playing a role in which
water soluble PAHs are present in leachates. None of the 4 and 5 ringed PAHs leached to the more
saline synthetic CSG water, and this may indicate that brackish to saline CSG waters further reduce
the solubilities of very hydrophobic organic toxins. Further work with a range of controlled
leaching experiments would be required to fully understand this process. Additional experimental
work is recommended to assess the potential of organic additives, present in hydraulic fracturing
fluids, to mobilize hydrocarbons from coal to flowback water (and to assess potential CSG water
contamination by flowback water).
Coal is a heterogeneous material and each coal seam gas field may present a unique inventory of
organic compounds needing characterization and assessment to fully understand coal-groundwater
interactions and ultimately water quality. Moreover, there is potentially a far wider range of
organic compounds mobilized from coals to CSG water beyond the common environmental
analytes of this study, including heterocyclic compounds, biphenyls, aromatic amines and
non-aromatic compounds.
The high density of CSG wells in southern Queensland provides an excellent opportunity to
better understand the relationship between coal and groundwater. In turn, such studies form the
basis of human health risk assessment and may be significant in understanding the etiology of
disease linked to coal-derived organic compounds such as Balkan Endemic Nephropathy.
Moreover, communities that access untreated groundwater from coal-associated aquifers (e.g.,
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Powder River Basin, WY and Surat Basin, QLD) can use such studies to gain a better
understanding of the potential risks posed by water soluble coal-derived organics.
Improved stakeholder confidence in CSG operations and water issues will only result from
access to appropriate, peer reviewed research, to which this study may contribute. Finally, CSG
water characterization studies are crucial in developing industry best practice, as well as
government regulation, monitoring and management strategies for CSG water to safeguard the
environment and human health in parallel with expanding CSG production.
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Identifying Sources and Assessing Potential Risk of Exposure
to Heavy Metals and Hazardous Materials in Mining Areas:
The Case Study of Panasqueira Mine (Central Portugal)
as an Example
Carla Candeias, Eduardo Ferreira da Silva, Paula F. Ávila and João Paulo Teixeira
Abstract: The Sn-W Panasqueira mine, in activity since the mid-1890s, is one of the most
important economic deposits in the world. Arsenopyrite is the main mineral present as well as
rejected waste sulphide. The long history is testified by the presence of a huge amount of tailings,
which release considerable quantities of heavy metal(loid)s into the environment. This work
assesses soil contamination and evaluates the ecological and human health risks due to exposure to
hazardous materials. The metal assemblage identified in soil (Ag-As-Bi-Cd-Cu-W-Zn; potentially
toxic elements (PTEs)) reflects the influence of the tailings, due to several agents including aerial
dispersion. PTEs and pH display a positive correlation confirming that heavy metal mobility is
directly related to pH and, therefore, affects their availability. The estimated contamination factor
classified 92.6% of soil samples as moderately to ultra-highly polluted. The spatial distribution of
the potential ecological risk index classified the topsoil as being of a very high ecological risk,
consistent with wind direction. Non-carcinogenic hazard of topsoil, for children (1–6 years), showed
that for As the non-carcinogenic hazard represents a high health risk. The carcinogenic risks, both
for children and adult alike, reveal a very high cancer risk mostly due to As ingestion.
Reprinted from Geosciences. Cite as: Candeias, C.; da Silva, E.F.; Ávila, P.F.; Teixeira, J.P.
Identifying Sources and Assessing Potential Risk of Exposure to Heavy Metals and Hazardous
Materials in Mining Areas: The Case Study of Panasqueira Mine (Central Portugal) as an Example.
Geosciences 2014, 4, 240-268.
1. Introduction
Mine tailings, with considerable amounts of sulfides, left in the vicinity of environmentally
sensitive locations, constitute one of the greatest threats to the surrounding environment. These
materials when exposed to air and water are oxidized through chemical, electrochemical, and
biological reactions, forming ferric hydroxides and sulfuric acid, leading to the generation of acid
mine drainage with high contents of metals and sulfates, related to the alteration of sulfides, the
equilibrium of which depends on their solubility [1–5].
Soil is prone to contamination both from hydrological and atmospheric sources. When soil is the
receptor of tailings drainage, originating from metal mining and smelting, this waste disposal
causes a major impact, and poses serious environmental concerns [6]. As a direct result of the mining
activities, soil is generally, affected over a considerable area. The soil fine fraction is usually
enriched in metals, due to the relative large surface area of fine particles that facilitate adsorption
and metal binding to iron and manganese oxides and to organic matter [7,8]. Wind-blown dust
originating from polluted soil is responsible for the aerial dispersion of trace metals [7]. Exposure to
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these hazardous elements may have different pathways, e.g., through the direct ingestion of soils and
dust, ingestion of vegetables grown on contaminated soil or dust adhering to plants or dust
inhalation. According to several authors [9–14] the studies dealing with the bioavailability and
bioaccessibility of metal(loid) contaminants in highly-polluted soil are extremely useful to
understand the possible effect on biota, and particularly on human health due to the exposure to
these contaminants [12,15].
Among the purposes of environmental analysis are the determination of the geochemical
background and natural concentrations of the chemical constituents in environment-background
monitoring, as well as to determine the concentration of harmful pollutants in environment-pollution
monitoring [16]. The sorption-desorption soil characteristics generally control the mobility and
availability of heavy metals [17]. Heavy metal availability in soil depends on a number of factors,
including Soil Organic Matter (SOM) and pH [18]. Soil pH plays the most important role in
determining metal speciation, solubility from mineral surfaces, movement and bioavailability of
metals [19–21]. Several laboratory experiments have shown that heavy metal mobility and
availability have a negative correlation with pH [22]. Further, [23–25] documented that metal
mobility and availability increases with the decrease of soil pH, thus enhancing the uptake of heavy
metals by plants and, thereby, posing a threat to human health [26].
Exposure to increasing amounts of metal(loid)s in environmental and occupational settings is a
reality worldwide, affecting a significant number of individuals. Most metal(loid)s are very toxic to
living organisms and even those considered as essential can be toxic when in excess. They can
disturb important biochemical processes, constituting an important threat for human health. Major
health effects include development retardation, endocrine disruption, kidney damage, immunological
and neurological effects, and several types of cancer [27]. The identification of potential threats to
human health and natural ecosystems is useful information [16]. The quantification of all the types
of risks and the determination of the total risk of metal(loid)s to the exposed population through
oral intake, inhalation and dermal contact [28] is also very important. Risk assessment is typically a
multistep process of identifying, defining, and characterizing potentially adverse consequences of
exposure to hazardous materials [28]. According to the Toxic Substances Portal [29], Ag, As, Cd,
Cu, W and Zn are known to be toxic to humans, while arsenic and cadmium are classified as
human carcinogens. Some studies also consider that Bi causes acute toxicity, and large doses can
be fatal [30,31]. However, as Bi is considered to be one of the less toxic heavy metals, it is not
included in this analysis.
In a previous paper from the same authors [32], several variables (Ag, As, Bi, Cd, Cu, W and
Zn) showed moderate to strong correlation in the Panasqueira topsoil. This indicates an
anthropogenic origin, especially linked to aerial transportation and deposition and/or to a geogenic
origin. The main goals of the present study are: (a) establishment of the relationship between
Potentially Toxic Elements (PTEs) with depth and soil pH; (b) assessment of soil contamination
using a contamination factor for each pollutant; and (c) determination and evaluation of the
ecological and human health risks due to exposure to hazardous materials.
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2. Materials and Methods
2.1. Study Area
The active Panasqueira mine, exploited since the last decade of the 19th century, is located in
Central Portugal (UTM (Universal Transverse Mercator) 29N, P 4445620.79, M 606697.31;
Figure 1). It is considered to have the largest Sn-W deposit of Western Europe [33]. The geology
has been extensively studied by many researchers [34–44]. Briefly, the Panasqueira deposit is a
classic example of postmagmatic hydrothermal ore deposit, which is associated with Hercynian
plutonism [36,41]. The paragenesis is complex with four stages of mineral formation identified: 1st
stage, the oxide silicate phase (quartz, wolframite; cassiterite); 2nd phase, the main sulphide phase
(pyrite, arsenopyrite, pyrrhotite, sphalerite, chalcopyrite); 3rd stage, the pyrrhotite alteration phase
(marcasite, siderite, galena, Pb-Bi-Ag sulphosalts); and 4th stage, the late carbonate phase
(dolomite, calcite) [38–49]. The Panasqueira deposit contains significant amounts of wolframite,
arsenopyrite, chalcopyrite and cassiterite [34].
The long history of exploitation is testified by the presence of a huge amount of tailings and
other debris (Figure 1b). The piles (Rio ~1.2 million m3; Barroca Grande ~7.0 million m3) and the
mud dams (Rio ~0.7 million m3; Barroca Grande ~1.2 million m3) are exposed to atmospheric
conditions, and are being altered by chemical, physical and geotechnical activities. On the top of
the Rio tailings, an arsenopyrite stockpile (~9400 m3) was deposited and remained exposed
until 2006 [41].
Topography ranges in altitude from 350 to 1080 m [47], with deep valleys of about 9%–25%
inclination, constraining the soil into a very thin layer. Climate is severe, with dry and hot summers
and very cold, rainy and windy winters. The annual precipitation ranges between 1200 and 1400 mm
with frequent snow falls, particularly above 700 m altitude. The mean annual temperature is 12 °C,
ranging from 0 °C during the winter to 30 °C in the summer. The streams are generally dry in the
summer and flooded in the winter. The prevailing wind in the area is NW-SE, with mean wind
speeds of 4.22 m/s (h = 10 m), 5.55 m/s (h = 40 m) and 6.21 m/s (h = 80 m) (Figure 1c) [48–50].
The small villages around the mine have a historical dependence on soil and water use drinking
water, agriculture, cattle rearing, fishing and forestry.
2.2. Field Sampling and Sample Preparation
Soil samples were collected according to a predefined grid (spaced ~400 m—Figure 1b).
Two types of soil samples were collected at each sampling site: 122 topsoil (0–15 cm) samples and
116 subsoil samples collected below 15 cm depth. The difference in the total number of samples of
each soil type is due to the presence at six sites of incipient and thin lithic soil derived from a substrate
of metasediments. Topsoil samples were collected for the characterization of superficial
contamination derived from the tailings, and subsoil samples to assess the extent of contamination
at depth and simultaneously to identify geogenic markers. Approximately 50% of all samples were
collected in duplicate. To establish the local geochemical background, 47 unaffected soil samples
(Bk) were also collected outside the contaminated area (Casegas area located NE, out of the
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influence of the Barroca Grande prevailing winds). The coordinates of each sample were
determined by GPS and georeferenced with UTM (Universal Transverse Mercator) coordinates. All
soil samples were collected after clearing the soil surface of superficial debris and vegetation, and
placed in polyethylene bags. Samples were dried in a thermostatically controlled oven at 40 °C,
disaggregated in a porcelain mortar, sieved (<2 mm), homogenized, split into aliquots and the
analytical aliquot pulverized to <170 m in a pre-cleaned mechanical agate mill for chemical analysis.
Figure 1. (a) Synthetic map of Portugal showing the location of Panasqueira mining
area; (b) details of the study area, main geological units and soil samples grid - geological
map adapted from [34,41,45]; (c) wind rose of the prevailing winds on the top of the
mine (Barroca Grande tailing); and (d) on the top of a mountain 800 m north of the
mine [46].
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2.3. Chemical Analysis
Soil samples were submitted for multi-element analysis at the ACME Analytical Laboratories,
which is an ISO 9002 Accredited Lab (Vancouver, Canada). A sample weight of 0.5 g was leached
in hot (95 °C) aqua regia (HCl-HNO3-H2O), and concentrations were determined by Inductively
Coupled Plasma Mass Spectrometry (ICP-MS) for Ag, As, Bi, Cd, Cu, W and Zn (detection limits
of Ag, Bi, Cd, Cu, W < 0.1 mg·kgí1; As < 0.5 mg·kgí1; Zn < 1 mg·kgí1).
Accuracy and analytical precision were determined using analytical results of certified reference
materials (standards C3 and G-2) and duplicate samples in each analytical batch. The results were
within the 95% confidence limits of the recommended values given for the certified materials. The
Relative Standard Deviation (RSD) was between 5% and 10%.
Soil pH: numerous studies have verified that soil pH has a great effect on metal
bioavailability [16,51,52]. The pH gives an indication of the acidity and alkalinity of soil. Many
chemical reactions are pH dependent, and knowledge of the pH enables the prediction of the extent
and speed of chemical reactions [53]. The procedure adopted for the determination of pH was
modified from [54]. A suspension of soil was made up in five times its volume of a 0.01 mol/L
solution of calcium chloride (CaCl2) in water. The pH was measured using a calibrated pH-meter.
SOM: plays an important role in determining the fate of inorganic, as well as organic
compounds in natural soil [55–58]. SOM can be roughly determined by measuring weight loss
before and after ashing at 430 °C. Results are typically accurate to 1%–2% for soil with over 10%
organic matter [53]. The procedure adopted was modified from [53]. Approximately 5 g of each
sieved sample (<2 mm) was placed in a crucible and dried at 105 °C for 24 h. After cooling in a
glass desiccator its weight was determined in a mass balance (resolution 0.001 g). The difference in
weight gives the water content of each soil sample. The crucibles were then placed in a muffle
furnace at 430 °C for 20 h. After cooling in a glass desiccator, the weight was measured on the
same mass balance. The difference from the dry state gives the soil organic content (%).
2.4. Data Treatment of Data
Pearson’s product-moment linear correlation coefficient matrix (r) was estimated in order to
determine the extent of the relationship between the PTEs, pH and SOM [53]. The normality of
statistical distribution of all data was verified by the Kolmogorov-Smirnov test (Į = 0.05) and Q-Q
plots. The non-normal data were subjected to a non-parametric test or converted logarithmically to
ensure the validity of the results. The statistical analysis was performed using Six Sigma Statistica®
(Stat Software Inc, Tulsa, OK, USA) and IBM® SPSS® Statistics software (IBM, New York,
NY, USA).
Analysis of Variance (ANOVA) was carried out in order to assess the relationship between the
Potentially Toxic Elements and the independent variables (depth, pH and SOM), by a two-way
ANOVA test, according to the following expression:
ܼ୧୨୩ ൌ Ɋ ן୧  Ⱦ୨  ɀ୧୨  ɂ୧୨୩

(1)
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where, Z = the kth observation of the PTE taken at jth depth (j = 1 or 2) and ith soil property (i = 1
or 2),  = the overall mean estimated, Į = the depth effect, ȕ = the soil property (pH or SOM),
Ȗ = the interaction between depth and the soil property, and İ = the residual error [59–61].
Log10 transformation was applied to PTEs in order to convert the data to a normal or
near-normal distribution and homogeneity of variances (Levene’s test, p < 0.05). For the two-way
analysis of variance, samples were classified according to pH values (very acid (3.0, 4.0), acid (4.0,
6.0) and neutral (6.0, 7.0)) and SOM ((3.6, 10.0) and (10.0, 39.0) in %). It should be noted that the
SOM classes established, were only defined for statistical purposes. In the cases where there were
only two samples with neutral pH, this particular class was not considered further.
Contamination Factor and Modified Degree of Contamination was estimated using the method
proposed by [62] in sediment pollution studies, but is also applied to soil studies [63,64]. It is based
on the calculation, for each pollutant, of a contamination factor (CFi) which is the ratio obtained by
dividing the mean concentration of each metal in soil (Ci) by its corresponding baseline or
background value (estimated from samples collected outside the area influenced by the mining
activities) according to [65], and as explained in [6], i.e., the background value, Cb (mg kgí1), for
the studied elements is as follows: Ag = 0.05; As = 22; Bi = 0.3; Cd = 0.01; Cu = 28; W = 0.35;
Zn = 58) [64] ( Table 1):
ܨܥ ൌ ܥ Τܥ

(2)

Table 1. Classification and description of the Contamination factor (CF) [62] and the
Modified contamination degree (mCd) [66].
CF Value

Level of the
Contamination Factor

0  CF < 1

Low

1  CF < 3
3  CF < 6

Moderate
High

6  CF

Very high

Modified Contamination
Degree Gradations
0  mCd < 1.5
None to very low
1.5  mCd < 2
Low
2  mCd < 4
Moderate
4  mCd < 8
High
8  mCd < 16
Very high
16  mCd < 32
Extremely high
32  mCd
Ultra high
mCd Value

In [66] is presented a modified and generalized form of the [62] equation for the calculation of
the overall degree of contamination (mCd) for each sample as below:


݉ܥௗ ൌ ൭ ܨܥ ൱൘

(3)

୧ୀଵ

where CFi is the contamination factor computed for each of the seven pollutants (Ag, As, Bi, Cd,
Cu, W, Zn) considered in this study. In [66] is defined seven mCd degrees as shown in Table 1.
Potential ecological risk factor and risk index (PERI): is defined as the sum of the risk factors,
which quantitatively defines the potential ecological risk of a contaminant in a sample, i.e.:
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ܲܫܴܧ ൌ  ܨܧ ൌ  ܨܥ ή ܶܨ
ୀଵ

(4)

ୀଵ

where PERIi is the Potential Ecological Risk Index for each sample (i); EFi is the monomial
potential ecological risk factor; CFi is the single contamination factor (Equation (2)); and TF is the
heavy metal toxic-response factor for each element. Soil toxic-response factors were computed for
the seven selected elements according to the toxic factor requirements proposed by [62]. For this
estimation there were used reference guide values of igneous rock types, soil, freshwater and land
plants proposed by [67], and the land animals reference values proposed by [68]. The TF values
obtained were: Zn = 1 < Cu = 2 < As = 5 < W = 15 < Bi = 20 < Cd = 30 < Ag = 35. In [62] are defined
five EF classes and four PERI degrees, as shown in Table 2.
Table 2. Monomial potential ecological risk factor (EF) and Potential ecological risk
index (PERI) classification levels [62].
Ecological Potential Risk
PERI
Ecological Risk
for Single Substance
0  EF < 40
Low
PERI < 150
Low
40  EF < 80
Moderate
150  PERI < 300
Moderate
80  EF < 160
Considerable
300  PERI < 600
Considerable
160  EF < 320
High
600  PERI
Very high
320  EF
Very high
EF

Human health risk assessment calculations were based on the assumption that residents, both
children and adults, are directly exposed to soil through three main pathways (a) ingestion; (b) dermal
absorption and (c) inhalation of soil particles present in the air [69–72]. Ingestion of soil (i) occurs
by eating soil particles and/or licking contact surfaces (e.g., hands). It is assumed that children
present a higher ingestion rate, due to hand-to-mouth intake. Dermal absorption (ii) occurs through
exposed skin, while soil is inhaled (iii) both by mouth and nose during breathing. Particles <10 m
(PM10) are the more relevant in this process, although larger fractions of inhaled soil are, probably,
decomposed in the gastrointestinal track. It is assumed that all contaminants are absorbed, both by
the gastrointestinal tract or the lung [72]. Equations (5)–(7) were used to estimate the chronic daily
intake of each exposure route considered [28,69,70,73], supplemented by specific quantitative
information (Table 3):
ܴ ൈ  ܨܧൈ ܦܧ
ൈ ͳͲି
 ܹܤൈ ܶܣ
ܵ ܣൈ ܵ ܨܣൈ  ܣܦൈ  ܨܧൈ ܦܧ
ൌ ܥୱ୭୧୪ ൈ
ൈ ͳͲି
 ܹܤൈ ܶܣ
ܴ ൈ  ܨܧൈ ܦܧ
ܫܦܥ୧୬୦ ൌ ܥୱ୭୧୪ ൈ
ܲ ܨܧൈ  ܹܤൈ ܶܣ

ܫܦܥ୧୬ ൌ ܥୱ୭୧୪ ൈ
ܫܦܥୢ୰୫

(5)
(6)
(7)
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Table 3. Variables for estimation of soil residential risk in the Panasqueira mining area.
Parameters

ABSgi

Meaning
fraction of contaminant absorbed in gastrointestinal
tract

Values
Child

Adult

Reference

Ag 0.04; As 1.00; Cd
0.025;

[28]

Cu 1.00; W 1.00; Zn 1.00

ABSdrm

fraction of contaminant absorbed dermally from soil

As 0.03; Cd 0.001

[28]

ATc (d)

averaging time for carcinogenic effects

LT × 365

[73]

ATnc (d)

averaging time for non-carcinogenic effects

ED × 365

[73]

BW (kg)

average body weight

Csoil (mg·kgí1)

concentration of the element in soil

DA

dermal absorption factor

CDIing (mg·kgí1·dí1)
CDIdrm (mg·kgí1·dí1)

15

70

0.03 for As; 0.001 for other

[28]

-

Equation (5)

-

Equation (6)

-

Equation (7)

As 1.50

[28]

chronic daily intake dose
through ingestion
chronic daily intake through
dermal contact

CDIinh (mg·mí3) (nc), (g·mí3) (c) chronic daily intake through inhalation
CSFing ((mg·kgí1·dí1)í1)

chronic oral slope factor

CSFdrm

chronic dermal slope factor

ED (yr)

exposure duration

EF (d·yrí1)

exposure frequency

ET (h·dí1)

exposure time

IngR (mg·dí1)

soil ingestion rate

InhR (m3·d í1)

inhalation rate

IUR ((g·mí3)í1)

chronic inhalation slope factor

[69,72]

-

CSFing/ABSgi
6

24
350 residents
24 residents

[28]
[73]
[73]
[73]

200

100

[73]

7.6

20

[72]

As 4.3 × 10í3; Cd 1.8 ×
10í3

[74]

LT (yr)

lifetime expected at birth

78 national

[75]

PEF (m3·kgí1)

particle emission factor

1.36 × 109

[73]

SA (cm2)

exposed skin area

SAF (mg·cmí2)

skin adherence factor

2800

5700

[73]

0.2

0.07

[73]

Ag 5 × 10í3; As 3 × 10í4;
RfDing (mg·kgí1·dí1)

chronic oral reference dose

Cd 1 × 10í3; Cu 4 × 10í2;

[74]

Zn 0.3
RfDdrm

chronic dermal reference dose

RfDinh (mg·mí3)

chronic inhalation reference dose

RfDing × ABSgi

[28]

As 1.5 × 10í5; Cd 1 × 10í5

[28]

The carcinogenic and non-carcinogenic side effects for each PTE were computed individually,
as toxicity calculation uses different computational methods [76]. For each element and pathway,
the non-cancer toxic risk was estimated by computing the Hazard Quotient (HQ, also known as
non-cancer risk-Equation (8)) for systemic toxicity [73]. If HQ exceeds unity, it indicates that
non-carcinogenic effects might occur. To estimate the overall developing hazard of non-carcinogenic
effects, it is assumed that toxic risks have additive effects. Therefore, it is possible to calculate the
cumulative non-carcinogenic hazard index (HI), which corresponds to the sum of HQ for each
pathway (Equation (9)) [69,77]. Values of HI < 1 indicate that there is no significant risk of
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non-carcinogenic effects. While, values of HI > 1 imply that there is a probability of occurrence of
non-carcinogenic effects, and are enhanced with increasing HI values [73]. The toxicity levels for
each element were taken from The Risk Assessment Information System (RAIS) [28]. The
probability of an individual developing any type of cancer over a lifetime, as a result of exposure to
the carcinogenic hazards, was computed for each pathway according to Equation (10) [78]. The
carcinogenic risk was estimated by the sum of total cancer risk (Equation (11)). A cancer risk below
1 × 10í6 is considered insignificant. The result of 1 × 10í6 is classified as the carcinogenic target
risk. If the cancer risk is above 1 × 10í4 it is qualified as unacceptable [69,79,80]:
 ܳܪൌ

ܫܦܥ୮ୟ୲୦୵ୟ୷
ܴ ܦ

(8)

 ܫܪൌ   ܳܪൌ ܳܪ୧୬  ܳܪୢ୰୫  ܳܪ୧୦୬

(9)

 ୮ୟ୲୦୵ୟ୷ ൌ ܫܦܥ୮ୟ୲୦୵ୟ୷ ൈ ܨܵܥ୮ୟ୲୦୵ୟ୷

(10)

 ൌ    ୮ୟ୲୦୵ୟ୷ ൌ  ୧୬   ୢ୰୫   ୧୦୬
ܫܦܥୢ୰୫ ൈ ܨܵܥ୧୬
ൌ  ܫܦܥ୧୬ ൈ ܵܨܥ୧୬  ܫܦܥ୧୬୦ ൈ  ܴܷܫ
ܵܤܣ୧

(11)

Reference toxicity values were estimated as given in RAIS [28].
Spatial Estimation of extrapolated concentration values of chemical elements and contamination
factors for the plotting of maps was based on geostatistics by extracting the necessary parameters
for Ordinary Kriging from the variograms of each variable. Variograms were constructed and
modelled with Surfer® (v. 8, Golden Software Inc, Golden, CO, USA), and the kriged estimations
by Ordinary Kriging were also performed with Surfer®.
3. Results and Discussion
3.1. Distribution of Ag, As, Bi, Cd, Cu, W and Zn in Soil Samples
Previous studies carried out in the Panasqueira area [6,43,44], allowed, through the topsoil
concentrations, the characterization of the anthropogenic soil contamination due to the presence of
tailings and open air impoundments.
Descriptive statistical parameters (median and range) for pH, SOM, Ag, As, Bi, Cd, Cu, W and
Zn are summarized in Table 4. The individual element values are compared with the corresponding
local geochemical background levels, and also with reference values from the literature.
All samples, both topsoil and subsoil, have a pH lower than 7. In particular, topsoil pH values
range from 3.2 to 6.6; 35.9% of topsoil samples have pH values between 3.0 and 4.0; 59.2% are
between 4.0 and 5.0; 4.2% from 5.0 to 6.0, and 1.7% from 6.0 to 7.0, i.e., generally very acid to
acid according to the United States Department of Agriculture classification [81]. As shown in
Figure 2 (pH (a)), it is possible to identify that the areas with higher values are located around the
villages Barroca Grande, S. Francisco de Assis, Rio, Barroca, Dornelas do Zêzere and S. Martinho.
Around Rio and Barroca Grande tailings, the soil pH is above the 75th percentile (<4.1). The
subsoil pH ranges from 3.6 to 6.2: 23.0% of the subsoil samples have pH values between 3.0 and
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4.0; 73.5% are between 4.0 and 5.0; 2.7% from 5.0 to 6.0, and 0.9% from 6.0 to 7.0, i.e., also
generally very acid to acid. The highest pH value found in subsoil samples was located in Rio
village (Figure 2 pH (b)) on the north section of the Rio tailings. In the surroundings of S.
Francisco de Assis, Barroca Grande and Dornelas do Zêzere villages, it is possible to identify some
agricultural soil with pH > 4.6. Possibly these slightly higher pH values are due to land agricultural
beneficiation techniques. Nevertheless, the soil of the present study area is overall classified as very
acid to acid.
Figure 2. Spatial distribution of pH and soil organic matter (SOM, %) and Ag (mg kgí1)
for topsoil (a) and subsoil (b). Percentile class limits at P5, P10, P25, P50, P75, P90,
P95 and P97.5. In blue are represented the main water courses, in grey the villages and
in white the main tailings and dams. The green dashed lines represent the Ag
background levels.
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Table 4. Median, minimum and maximum concentrations values of topsoil and subsoil
samples from Panasqueira mine and surrounding environment compared with international
data. Casegas area, considered as representative of geochemical background (Bk).
pH

Units

SOM
%

Ag
As
Bi
Cd
Cu
W
Zn
mg·kgí1 mg·kgí1 mg·kgí1 mg·kgí1 mg·kgí1 mg·kgí1 mg·kgí1

Topsoil
(n = 122)

Median
Min–Max
Sk

4.1
14.6
0.1
65
3.2–6.6 5.7–39.0 0.05–1.7 17–1503
1.59
1.2
4.72
6.98

0.9
0.3–65
9.21

Subsoil
(n = 116)

Median
Min–Max
Sk

4.2
10.2
0.1
3.6–6.2 3.6–19.5 0.1–0.6
2.09
0.23
1.98

52
8–350
2.05

0.6
0.2–15
5.51

Geochemical
background

Topsoil
Subsoil
Bk

Data from literature

0.2
0.1–3
3.77

35
6
70
10–292 0.2–200 22–199
4.80
5.40
1.38

0.1
33
0.1–1.5 12–146
3.65
2.86

3
0.1–29
2.51

70
16–192
1.08

4.2
4.3
3.98

14.5
10.0
10.5

0.1
0.1
0.05

63
49
22

0.8
0.6
0.3

0.20
0.10
0.01

34
31
28

4.4
2.5
0.4

68
68
58

6.0–8.0 a

1–20 b

0.07 c

11 d

0.3 c

0.1 d

16 d

1d

55 d

Notes: SOM, soil organic matter; Sk, Skewness; Bk, background values, calculated according the [65] paradigm and
confirmed by the [82] methods; a Ontario reference values [83]; b Normal Ranges in Soils [16,84,85]; c Mean World
Soil [67,86]; d Median values for Portuguese Soil [87].

The topsoil SOM values range from 5.7% to 39.0% (see Table 4 and Figure 2 SOM (a)), while
the subsoil SOM values vary from 3.6% to 19.5% (see Table 4 and Figure 2 SOM (b)). Comparing
the topsoil and subsoil pH and SOM maps (Figure 2 and Table 4) is possible to observe that areas
with the highest SOM values are related to areas with the lowest pH values.
To evaluate the presence of possible local anomalies the Ag (Figure 2), As, Bi, Cd (Figure 3),
Cu, W, Zn (Figure 4) median and maximum values, observed in topsoil, were compared with the
corresponding results in subsoil samples. Although the results tabulated in Table 4 show that Ag,
As, Bi, Cu, W, and Zn present highest median and maximum values for topsoil when compared
with subsoil, the paired samples t-test indicates that there are significant differences between soil
samples at both depths for the elements As, Bi and W. Additionally, the results clearly show that
there are higher contents in soil samples at both depths, when compared with the local geochemical
background. The behavior of the topsoil element concentrations may reflect the influence of the
Barroca Grande and Rio tailings and open air impoundments, possibly caused by aerial transport
and deposition.
Topsoil samples, as shown in Table 5, have many strong to very strong correlation coefficients,
i.e., As/Ag, As/Bi, As, Cd, As/Cu, As/W, Ag/Bi, Ag/Cu, As/W, Bi/Cd, Bi/Cu, Bi/W, Cd/Cu,
Cd/W, Cd/Zn, Cu/W. The strongest correlations are between Ag/Cu (0.94), As/Ag (0.90) and Bi/W
(0.90). There is also a positive intermediate correlation (r = 0.31 to 0.70) between PTEs and pH.
Several authors claim that heavy metal mobility holds a positive correlation with pH [18,88,89]. It
is well known that pH affects heavy metal availability, since it is the major factor in controlling the
ability of soil to retain heavy metals in an exchangeable form [21]. With low SOM the pH values
may become relatively more important for the partitioning of metals. Most elements exhibit a weak
negative correlation with SOM. For subsoil samples the PTEs correlation also presents some strong
correlation coefficients (Table 5), but they are overall lower than in topsoil. The stronger
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correlations are between As/Bi (r = 0.75) and Bi/Cu (r = 0.69). At this depth, pH is also the
most significant soil property, presenting weak to intermediate positive correlations with the
PTEs, except W.
Figure 3. Spatial distribution of As, Bi, Cd (mg·kgí1) values for topsoil (a) and subsoil
(b). Percentile class limits at P5, P10, P25, P50, P75, P90, P95 and P97.5. The green
dashed lines represent the elements background levels. In blue are represented the main
water courses, in grey the villages and in white the main tailings and dams.
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Figure 4. Spatial distribution of Cu, W, Zn (mg·kgí1) values for topsoil (a) and subsoil
(b). Percentile class limits at P5, P10, P25, P50, P75, P90, P95 and P97.5. The green
dashed lines represent the elements background levels. In blue are represented the main
water courses, in grey the villages and in white the main tailings and dams.
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Table 5. Pearson’s linear product-moment correlation coefficients for Ag, As, Bi, Cd,
Cu, W, Zn, pH and SOM in topsoil (n = 122) and subsoil (n = 116) samples.
Var

Topsoil

Subsoil

Ag
As
Bi
Cd
Cu
W
Zn
pH
SOM
Ag
As
Bi
Cd
Cu
W
Zn
pH
SOM

Ag
1.00

As
0.90 **
1.00

Bi
0.84 **
0.84 **
1.00

Cd
0.79 **
0.77 **
0.82 **
1.00

Cu
0.94 **
0.89 **
0.87 **
0.86 **
1.00

W
0.83 **
0.81 **
0.90 **
0.79 **
0.80 **
1.00

Zn
0.51 **
0.44 **
0.44 **
0.68 **
0.60 **
0.38 **
1.00

pH
0.70 **
0.37 **
0.54 **
0.42 **
0.61 **
0.46 **
0.31 **
1.00

1.00

0.43 **
1.00

0.34 **
0.75 **
1.00

0.45 **
0.43 **
0.50 **
1.00

0.42 **
0.59 **
0.69 **
0.53 **
1.00

0.36 **
0.49 **
0.56 **
0.43 **
0.44 **
1.00

0.43 **
0.30 **
0.35 **
0.57 **
0.56 **
0.14
1.00

0.30 **
0.09
0.04
0.17
0.11
í0.21 *
0.45 **
1.00

SOM
í0.1
í0.09
í0.14
í0.07
í0.14
0.01
í0.15
í0.40 **
1.00
0.15
í0.01
í0.01
í0.09
í0.17
0.16
í0.23 *
í0.35 *
1.00

Notes: ** Correlation is significant at the 0.01 level (2-tailed); * Correlation is significant at the 0.05
level (2-tailed).

In order to identify the most important factor controlling the different PTEs spatial differences
concentrations, a two-way ANOVA was performed [90]. In this study, two models were selected to
group the variables, (a) depth-SOM and (b) depth-pH. The results of the test between dependent
(PTEs) and independent (depth and SOM) variables (Table 6) showed that soil depth accounts for
significant variations between the group means: Bi (p = 0.035), Cd (p = 0.015) and W (p = 0.009).
The independent variable SOM shows significant variations in the concentration of As (p = 0.021),
Bi (p = 0.068), W (p = 0.013) and Zn (p = 0.021). There is no significant interaction between depth
and SOM. While the independent variable pH (Table 7) shows that there are significant variations
with depth for most PTEs (Ag p = 0.071; As p = 0.027; Bi p = 0.001; Cd p <0.000; W p <0.000),
except for Cu (p =0.371). pH presents a significant variation for Ag (p = 0.031), W (p = 0.001) and
Zn (p <0.001). The interaction between pH*depth shows no significant variations (p >0.050),
except on the concentration of Cu (p = 0.038).
3.2. Quantitative Assessment of Soil Contamination
In this study, a simplified approach to assess soil contamination based on comparing the
measured concentrations in the Panasqueira soil with the geochemical background values for
Casegas was adopted. Table 8 shows the results of contamination factors (CF) and the modified
degree of contamination (mCd) for the selected elements in topsoil and subsoil, and also in
Casegas soil.
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Table 6. Two-way ANOVA results between the dependent (PTEs) and independent
(depth, SOM) variables. PTEs were subjected to log-normal transformation (As, As,
Cd, Cu, W and Zn with Į = 0.050; Bi with Į = 0.075).
Source of Variation Dependent Variables
Ag
As
Bi
Depth
Cd
Cu
W
Zn
Ag
As
Bi
SOM
Cd
Cu
W
Zn
Ag
As
Bi
Depth*SOM
Cd
Cu
W
Zn
Ag
As
Bi
Error
Cd
Cu
W
Zn

df Mean Square
1
0.223
1
0.127
1
0.333
1
0.926
1
0.012
1
1.486
1
0.062
1
0.010
1
0.417
1
0.251
1
0.160
1
0.007
1
1.763
1
0.173
1
0.051
1
0.007
1
0.001
1
0.001
1
0.037
1
0.095
1
0.002
238
0.137
215
0.077
225
0.074
233
0.156
218
0.024
215
0.215
235
0.032

F
p-Value
1.624
0.204
1.652
0.200
4.484
0.035
5.951
0.015
0.483
0.488
6.928
0.009
1.933
0.166
0.076
0.783
5.422
0.021
3.371
0.068
1.029
0.311
0.275
0.601
8.219
0.005
5.372
0.021
0.373
0.542
0.093
0.760
0.008
0.928
0.006
0.940
1.52
0.219
0.44
0.506
0.06
0.811

-

-

According the topsoil median values of the contamination factor, Bi, Cd and W present an
extremely high degree of contamination, while Ag and As a high contamination factor. The results
demonstrated that mCd values vary from the minimum 1.2 in both topsoil and subsoil to the
maximum of 150 in topsoil, with median values varying from 4 in subsoil to 6 in topsoil. The
cumulative frequency distribution indicates that only 7.4% of the soil samples were classified as no
to low degree of pollution, with mCd values < 2.0, and the remaining soil samples (92.6%)
registered moderate to ultra-high degree of pollution, with mCd values equal or greater than 2.0
(27.9% between 2  mCd < 4; 27.1% between 4  mCd < 8; 19.7% between 8  mCd < 16; 15.6%
between 16  mCd < 32 and 2.5% between 32  mCd). The enrichment is more pronounced in
topsoil (subsoil mCd values ranged 1.2–26.4).
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Table 7. Two-way ANOVA results between the dependent (PTEs) and independent
(depth, pH) variables. PTEs were subjected to log-normal transformation (As, Bi, Cd,
Cu, W, Zn with Į = 0.050; Ag with Į = 0.075).
Source of Variation Dependent Variables
Ag
As
Bi
Depth
Cd
Cu
W
Zn
Ag
As
Bi
pH
Cd
Cu
W
Zn
Ag
As
Bi
Depth*pH
Cd
Cu
W
Zn
Ag
As
Bi
Error
Cd
Cu
W
Zn

df Mean Square
1
0.353
1
0.512
1
0.832
1
1.810
1
0.019
1
3.055
1
0.007
1
0.506
1
0.031
1
0.017
1
0.020
1
0.000
1
2.315
2
0.605
1
0.116
1
0.053
1
0.082
1
0.179
1
0.104
1
0.321
2
0.077
233
0.107
230
0.104
225
0.078
226
0.135
217
0.024
213
0.210
233
0.028

F
p-Value
3.296
0.071
4.930
0.027
10.605
0.001
13.449
0.000
0.805
0.371
14.560
0.000
0.266
0.607
4.726
0.031
0.301
0.584
0.222
0.638
0.146
0.703
0.001
0.971
11.033
0.001
21.777
0.000
1.085
0.299
0.510
0.476
1.040
0.309
1.332
0.250
4.351
0.038
1.532
0.217
2.769
0.065
-

Table 8. Contamination Factors (CF) and Modified Degree of Contamination (mCd)
using geochemical background values. Casegas area is considered as representative of
geochemical background.
Var
Min
Bk
Med
Max
Min
Topsoil Med
Max
Min
Subsoil Med
Max

AgCF AsCF BiCF CdCF CuCF WCF ZnCF mCd
1.0
0.4
0.7
1.0
0.6
0.1
0.3
0.7
1.0
1.0
1.0
1.0
1.0
1.1
1.0
1.4
8
5
9
30
6
26
2
13
1.0
0.8
1.0
5.0
0.4
0.6
0.4
1.2
2
3
3
20
1.2
17
1.2
6
34
68
215 300
10
571
3
150
1.0
0.4
0.7
5.0
0.4
0.1
0.3
1.2
2
2
2
10
1.1
8
1.2
4
12
16
51
150
5
84
3
26
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Casegas is considered as an uncontaminated site, since it is outside the mine area and the
influence of airborne polluted dust. The maximum mCd value of 13.1, represents a very high
contamination degree, which is mostly due to the Cd and W contamination factors. In this case,
however, the high mCd value is most likely due to geogenic sources, as this is a naturally enriched
and mineralized zone.
The calculated mCd values make possible the assessment of the spatial distribution of the
modified degree of contamination. The first step is the determination of the spatial structure of the
new variables, and the experimental variograms were used to model the data using exponential
models, the extracted parameters are for topsoil: main direction = 90°; Nugget effect (C0) = 30;
Sill-Nugget effect (C1) = 330; range of influence (length) = 1200 m; anisotropy ratio = 1.81; and
for subsoil: main direction = 90°; C0 = 0; C1 = 19; length = 900 m; anisotropy ratio = 2.90.
Estimation of the spatial distribution was then achieved by Ordinary Kriging and the respective
map plotted. In Figure 5 it is possible to observe the mCd spatial distribution revealing areas with
very high values.
Figure 5 shows that soil samples collected near the Barroca Grande tailings (A), Rio tailings (C)
and the mud impoundments stand out clearly, because the soil is enriched in Ag, As, Bi, Cd, Cu, W
and Zn; all soil samples from both depths taken from Barroca Grande exceed the As, Bi, Cd and W
baseline values for Portugal, while at Rio only Zn in some samples (25%) has concentrations that
are lower than the guide value. According to [42], the Barroca Grande tailings and open impoundments
have high As, Cd, Cu, Pb, W, and Zn concentrations (mean content in the more coarse
tailings material As = 7142 mg·kgí1 ; Cd = 56 mg·kgí1 ; Cu = 2501 mg·kgí1; Pb = 172 mg·kgí1;
Sn = 679 mg·kgí1; W = 5400 mg·kgí1 and Zn = 1689 mg·kgí1 and mean content in the impoundment
material (rejected from the mill operations) As = 44,252 mg·kgí1 ; Cd = 491 mg·kgí1;
Cu = 4029 mg·kgí1; Pb = 166 mg·kgí1; Sn = 454 mg·kgí1; W = 3380 mg·kgí1 and
Zn = 3738 mg·kgí1). The mineralogy of these tailings consists of mainly quartz, muscovite,
kaolinite, illite-montmorillonite, montmorillonite-vermiculite, and chlorite, and also arsenopyrite,
wolframite, and natrojarosite.
The dams at Barroca Grande may pose a significant potential threat, due to the fine-grained
nature of the materials, and their location with respect to the Casinhas stream that cross S.
Francisco de Assis village. The X-Ray Diffraction (XRD) analysis of the impoundment material
revealed the presence of scorodite, arsenopyrite, quartz, sphalerite, hematite, and muscovite. These
tailings and impoundment material are metal-enriched at such a level, likely to be toxic to the
ecosystem [42]. The concentrations exceed the values defined for the 90th percentile of the South
Portuguese Zone (As 157 mg·kgí1; Cu 108 mg·kgí1; Ni 62 mg·kgí1; Pb 117 mg·kgí1; Zn 134
mg·kgí1), which is indicative of enrichment in trace metals. This Ag-As-Bi-Cd-Cu-W-Zn
association is quite logical and is linked to the Panasqueira ore-paragenetic association. The highest
mC d values identified near Barroca Grande (A), São Francisco de Assis (B) and Rio (C) confirms
that mechanical and chemical dispersion from Barroca Grande and Rio tailings and mud
impoundments occurs. Most of the samples (90% or higher of total samples) collected from
Barroca Grande (A), São Francisco de Assis (B) and Rio (C) villages, exhibit mCd values >8.0,
clearly indicting a very high degree of contamination.
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Figure 5. Spatial distribution of the modified degree of Contamination (mCd) for topsoil
(a) and subsoil (b). Values were estimated on the basis of the concentration factors of
Ag, As, Bi, Cd, Cu, W and Zn (A, Barroca Grande; B, S. Francisco de Assis; C, Rio).

The Panasqueira tailings impoundments have been and are affected by surface water flows
(from heavy rainfall events) that have eroded the tailings from their original location and
transported the materials downstream to residential areas (namely to S. Francisco de Assis).
However, the superficial flat of the tailings have dried and are susceptible to wind erosion. The
relative rates of water and wind erosion and transport, in Barroca Grande, São Francisco de Assis
and Rio, suggest that wind processes have similar, and in many cases greater, impact on loss and
local redistribution of soil in ecosystems than an eventual erosional soil enrichment.
3.3. Potential Ecological Risk Factor and Risk Index
The topsoil and subsoil samples results for individual element potential pollution factor (EF)
and potential ecological risk (PERI) are presented in Table 9. For both soil sample depths, As, Cu
and Zn show a low potential ecological risk, with median values <40 (see Table 2). Tungsten also
exhibits a low risk in subsoil, but a high risk in topsoil, while Bi and Ag show a moderate risk at
both depths. Cadmium presents a very high ecological risk in topsoil and a high risk on subsoil.
Using the median values, the topsoil risk factor is ranked as: Cd > W > Ag > Bi > As >> Cu > Zn,
while for subsoil the ranking is: Cd > Ag > Bi > As > Cu = W > Zn. These results suggest a very
high environmental risk, especially for Cd.
In order to estimate the global potential ecological risk in the study area, the PERI was
computed. The median values classify soil samples at both depths with a very high risk (Table 9).
The cumulative analysis shows that the soil samples at both depths do not display a low risk index
(<150), and only 7.4% of topsoil present a moderate risk index. PERI classified 92.6% of topsoil
samples as high to very high ecological risk. The same occurs for 61.2% of subsoil samples, which
should be considered as an extensive hazard. Figure 6 displays the PERI spatial distribution.
Topsoil has a wide area classified with a very high ecological risk, which is consistent with the
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wind direction, the water courses and the actual and previous exploration and beneficiation
locations (Figure 6a). Subsoil also presents a very high risk index in the same topsoil areas, but
with smaller area expression. These results are consistent with those mapped by the individual
elements, Ag, As, Bi, Cd, Cu, W and Zn (Figures 2–4), and the modified degree of contamination
(mCd; Figure 5), with the same affected areas.
Table 9. Statistical results of the single element potential pollution factor (EF) and
potential ecological risk (PERI) for topsoil and subsoil samples.
Var

AgEF AsEF BiEF CdEF CuEF WEF ZnEF PERI
Min
120
4
20
150
1
9
0
224
Mean 120
23
127
893
3
573
1
1,740
Topsoil
Med
70
15
60
600
2
255
1
1,020
Max 1,190 338 4,300 9,000
21
8,571
3
23,353
Min
30
4
10
125
2
2
0
173
Mean
76
33
56
418
7
8
1
600
Subsoil
Med
60
23
30
250
6
6
1
350
Max
360
158
770 3,750
26
203
3
4,369

Figure 6. Spatial distribution of Potential Ecological Risk Index (PERI) for topsoil (a)
and subsoil (b) in the study area.

3.4. Human Health Risk Assessment
Both non-carcinogenic hazard (HQ) and carcinogenic risk (Riskpathway) of topsoil in the
Panasqueira mine and surrounding area, through the different pathways (ingestion, dermal and
inhalation), were estimated according to the human health risk assessment model [28]. The
cumulative hazard index (HI) and total risk (Risktotal) were also characterized for multi-pathway
routes in resident population.
The non-carcinogenic effects considered the most conservative exposure condition—children
(1–6 years old). The potentially toxic elements defined in this study (Ag, Cd, Cu, W and Zn), apart
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from As, do not present a non-carcinogenic hazard for children in the Panasqueira area (maximum
HIchild-Ag,Cd,Cu,W,Zn  0.37). The As non-carcinogenic hazard median values, estimated for the
different exposure routes were HQing-As (2.75) >> HQdrm-As (0.23) >> HQinh-As (0.00). HIchild-As
values ranged between 0.78 and 69.50, with a median value of 2.98 § HQing-As (2.70), due to the
ingestion hazard quotient ranging between 0.72 and 64.10. These results (<1—safe level) indicate
that there is a cause for concern for the non-cancer health effects for children living in the
Panasqueira study area, mainly due to As oral ingestion, with HQing-As showing median values
above one (Figure 7).
Figure 7. Comparative boxplot distribution of the Non-carcinogenic Hazard Quotient
for children of As for Ingestion (HQingAs), Inhalation (HQihnAs), Dermal contact (HQdrmAs)
routes, the Cumulative Hazard Index (HIAs) and the sum of the Non-carcinogenic
Hazard Quotient of the other defined PTEs (Ag, Cd, Cu, W and Zn) for Ingestion
(HQingPTE(-As)), Inhalation (HQihnPTE(-As)), Dermal contact (HQdrmPTE(-As)) routes and the
Cumulative Hazard Index (HIPTE(-As)) for topsoil samples (tailing samples were
removed) in the Panasqueira area. The extremes and outliers were removed.

The carcinogenic risks adjusted both to children and adult were studied for the identified PTEs
in this study. The median values of the different exposure routes and total risk were estimated.
Their mean distribution were Risktotal (2.62 × 10í4) § RiskAs (2.62 × 10í4) § Risking (2.39 × 10í4) §
RiskingAs (2.39 × 10í4) >> Riskdrm (2.26 × 10í5) § RiskdrmAs (2.26 × 10í5) >> Riskinh (1.32 × 10í7) §
RiskinhAs (1.32 × 10í7) (Figure 8). The high significance of As to cumulative carcinogenic elements
risk is due to the very low risk displayed by the other elements. Furthermore, the representation of
the exposure routes are distributed as: (a) Risking § RiskingAs ranged 3.97 × 10í5–3.53 × 10í3, with a
median value of 1.52 × 10í4; (b) Riskdrm § RiskdrmAs ranged 3.76 × 10í6–3.34 × 10í4, with median
value of 1.44 × 10í5; and (c) Riskinh § RiskinhAs ranged 2.21 × 10í8–1.96 × 10í6, with median value
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of 8.38 × 10í8. The cumulative pathway Risktotal § RiskAs ranged 4.35 × 10í5–3.87 × 10í3, with a
median Risktotal of 1.66 × 10í4 mostly due to RiskingAs. Intake of As may cause cancer in several
human organs through ingestion, and lung and skin cancer through inhalation [28]. Moreover, the
Risking represents 91.29% of cumulative risk from exposure routes, while Riskdrm (8.69%) and
Riskinh (0.05%) have less significance. Similar results were obtained in other studies [77,91–94].
The cumulative median Riskdrm is > 1 × 10í6 for all samples, of which 69.67% > 1 × 10í5, and the
cumulative exposure route median Risking is > 1 × 10í5 for all samples, being 72.13% > 1 × 10í4.
These results show that there is a very high As ingestion cancer risk. The samples with higher
hazard are located in and around the villages of the study area, being the more representative
results found nearby the large tailing piles and open air impoundments (Figure 9). Although the
median Riskdrm value is lower and between 1 × 10í6 and 1 × 10í4, and is considered as acceptable, it
cannot, however, be negligible in the Panasqueira mining area, once all samples exceed the target
value (1 × 10í6). While the sum of exposure pathways is RiskCd = 1.09 × 10í10 (<1 × 10í6), it should
be noted that it is the cumulative toxic metal and kidney index that is the main target for Cd
toxicity [26,95].
Figure 8. Comparative boxplot distribution of the Carcinogenic Risk adjusted to both
children and adult for total PTEs (Ag, As, Cd, Cu, W and Zn) for Ingestion (Risking),
Inhalation (Riskinh), Dermal contact (Riskdrm) routes, the Cumulative Risk (Risktotal) and
the Carcinogenic Risk of As for Ingestion (RiskingAs), Inhalation (RiskinhAs), Dermal
(RiskdrmAs) routes and the Cumulative Risk (RiskAs) for topsoil samples (tailing samples
were removed) of the Panasqueira area. The extremes and outliers were removed.
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As the risk analyses showed that ingestion is the most important pathway, further studies should
be carried out in order to estimate the metal bioaccessibility in human receptors, such as a
simplified in vitro physiologically based extraction test (PBET), allowing the estimation of the
percentage of the bioaccessible orally ingested fraction of each metal from soil samples [77,80,96].
Additional investigations must be made on different sample media, such as vegetables, rhizosphere,
irrigation and drinking water and street dust in the local villages under influence of mining
activities (such as S. Francisco de Assis and Barroca) and also in non-exposed villages considered
as reference areas (such as Casegas and Unhais-o-Velho). These studies will provide the necessary
data and information for the determination of the influence of the Panasqueira mine activities,
through more than 110 years, on the surrounding population, and should be complemented by
biological studies [97].
Figure 9. Spatial distribution of the Carcinogenic risk adjusted for both children and
adult considering (a) ingestion; (b) dermal contact; (c) inhalation routes; and (d) the
cumulative Risk.

4. Conclusions
The mining and beneficiation process generates huge quantities of waste materials from the ore
extraction and milling operations, which accumulate in tailings and open impoundments and are
largely responsible for the high levels of metals(loid)s released into the surrounding environment.
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At the Panasqueira mine, the mining activities have produced sulphide-rich mine wastes that are
responsible for the high levels of metals at Barroca Grande and Rio tailings. The oxidation of these
sulphides may give rise to the mobilization and migration of trace metals from the mining wastes
into the soil. Heavy metal soil contamination is an outstanding example of environmental risk.
Metal(loid)s, such as As, Cd or Pb, for example, are toxic for humans, as well as for animals, and
can even lead to death if ingested in large doses, or over large periods of time. Exposure to
hazardous elements may have different pathways, such as ingestion, dermal absorption and
inhalation of soil particles present in the air.
Collection of surface soil permits the characterization of anthropogenic contamination, caused
by the presence of tailings and open air impoundments. Such soil, classified globally as very acid to
acid, occurs in areas with very low soil pH values, which are related to areas with the highest SOM
values. The metal assemblage identified in these soil types (Ag, As, Bi, Cd, Cu, W and Zn) show
highest values in topsoil samples (0–15 cm), when compared with the values of the corresponding
subsoil samples below 15 cm depth. Soil samples from both depths have higher contents when
compared to the estimated local geochemical background. These results show the influence of the
metal-rich mine wastes, stored in Barroca Grande and Rio tailings and in the open impoundments,
as the main source of pollution of the surrounding environment, possibly due to aerial transport
and deposition.
Very strong correlations were estimated between the PTEs and between PTEs and pH. The
strongest correlations were Ag/Cu, As/Ag and Bi/W. The PTEs and pH positive correlation,
confirm the findings of other studies that heavy metal mobility holds a positive correlation with pH,
affecting their availability.
The ANOVA results, showed significant variations with depth, and the majority of the PTEs
(Ag, As, Bi, Cd and W) and pH exhibit a significant variation for Ag, W and Zn.
According to the calculated contamination factor (CF) and the modified degree of
contamination (mCd), 7.4% of the soil samples were classified as having no to low degree of
pollution with mCd < 2.0 and 92.6% registered moderate to ultra-high degree of pollution with
mCd  2.0. The spatial distribution of the mCd reveals areas with a very high degree of
contamination. The highest mC d values were identified near Barroca Grande, São Francisco de
Assis and Rio, and confirm the mechanical and chemical dispersion from tailings.
The risk factor estimated for individual element potential pollution factor and potential
ecological risk, revealed at both soil sample depths that As, Cu and Zn have a low potential
ecological risk, W low risk in subsoil, but a very high risk in topsoil samples; Ag moderate to
considerable ecological risk and Cd is the worst element, exhibiting a very high environmental risk.
The estimated potential ecological risk (PERI) classifies samples from both depths with a very high
risk. In the PERI spatial distribution, topsoil has a wide area classified with a very high ecological
risk, consistent with wind direction, water courses and current and previous exploration and
beneficiation locations.
The non-carcinogenic hazard effects, determined for children (1–6 years old), indicated that the
PTEs (Ag, Cd, Cu, W and Zn) do not present a non-carcinogenic hazard for children, while the As
value is high, representing a risk for the non-cancer health effects for children in the Panasqueira
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area. The carcinogenic risk for both children and adults, revealed a very high cancer risk due to As
ingestion, which may cause cancer to several human organs cancer through ingestion, and lung and
skin cancer through inhalation.
Further studies should be carried out in order to estimate the metal bioaccessibility in
human receptors.
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Environmental Risk Assessment Based on High-Resolution
Spatial Maps of Potentially Toxic Elements Sampled on
Stream Sediments of Santiago, Cape Verde
Marina M. S. Cabral Pinto, Eduardo A. Ferreira da Silva, Maria M. V. G. Silva,
Paulo Melo-Gonçalves and Carla Candeias
Abstract: Geochemical mapping is the base knowledge to identify the regions of the planet with
critical contents of potentially toxic elements from either natural or anthropogenic sources.
Sediments, soils and waters are the vehicles which link the inorganic environment to life through the
supply of essential macro and micro nutrients. The chemical composition of surface geological
materials may cause metabolic changes which may favor the occurrence of endemic diseases in
humans. In order to better understand the relationships between environmental geochemistry and
public health, we present environmental risk maps of some harmful elements (As, Cd, Co, Cr, Cu,
Hg, Mn, Ni, Pb, V, and Zn) in the stream sediments of Santiago, Cape Verde, identifying the
potentially harmful areas in this island. The Estimated Background Values (EBV) of Cd, Co, Cr, Ni
and V were found to be above the Canadian guidelines for any type of use of stream sediments and
also above the target values of the Dutch and United States guidelines. The Probably Effect
Concentrations (PEC), above which harmful effects are likely in sediment dwelling organisms, were
found for Cr and Ni. Some associations between the geological formations of the island and the
composition of stream sediments were identified and confirmed by descriptive statistics and by
Principal Component Analysis (PCA). The EBV spatial distribution of the metals and the results of
PCA allowed us to establish relationships between the EBV maps and the geological formations. The
first two PCA modes indicate that heavy metals in Santiago stream sediments are mainly originated
from weathering of underlying bedrocks. The first metal association (Co, V, Cr, and Mn; first PCA
mode) consists of elements enriched in basic rocks and compatible elements. The second association
of variables (Zn and Cd as opposed to Ni; second PCA mode) appears to be strongly controlled by
the composition of alkaline volcanic rocks and pyroclastic rocks. So, the second PCA mode is also
considered as a natural lithogenic mode. The third association (Cu and Pb; third PCA mode) consists
of elements of anthropogenic origin.
Reprinted from Geosciences. Cite as: Cabral Pinto, M.M.S.; da Silva, E.A.F.; Silva, M.M.V.G.;
Melo-Gonçalves, P.; Candeias, C. Environmental Risk Assessment Based on High-Resolution
Spatial Maps of Potentially Toxic Elements Sampled on Stream Sediments of Santiago, Cape Verde.
Geosciences 2014, 4, 297-315.
1. Introduction
The study of the effects of the geological environment on human health is the main area of
Geomedicine. Natural processes (e.g., weathering, escape of gases and fluids along major fractures
in the Earth’s crust, and volcanic related activity) release to the environment large amounts of
elements. Some elements are macro and micro nutrients for the human alimentary (digestive) supply,
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and some of these can be harmful to humans, even in small concentrations, e.g., Hg, As, Pb, Sb, Bi,
Cd, Ag, Al, Be, Sn [1]. Besides natural factors, human activities, such as agriculture industry, and
specifically mining [2,3], enhance the introduction of these elements in the human food chain.
The dispersion of chemical elements in the environment is carried out by sediments, soils and
waters, which are the vehicles which link the inorganic environment to life. Variations in its natural
chemical composition may cause metabolic changes favouring the occurrence of endemic diseases,
such as gout, fluorosis, arsenicosis and Keshan’s disease, or conversely may be health promoting [4].
No more than 10%–12% of neurologic diseases have a strict genetic etiology, while the majority of
cases has unknown origin [5]. According to Gorell et al. [6], environmental and occupational
exposure to Mn, Cu, Pb, Fe, Zn, Al, appears to be a risk factor for Parkinson’s and Alzheimer’s
diseases. Several authors [7–13] suggest a correlation between the inhalation and ingestion of Mn
and disorders of the nervous central system in rats, primates and humans. The International Agency
for Research on Cancer shows that the occupational exposure to chromium [VI] is carcinogenic to
humans [14]. This agency also concluded that nickel compounds are carcinogenic to humans and
that metallic nickel is possibly carcinogenic to humans.
Environmental exposure to cadmium and lead is associated with alterations in renal function [15]
and cadmium and chromium also are related to hypertension and atherosclerosis [16].
Knowledge of the geochemistry of sediments, soils and waters is essential to understand the causes
of some endemic diseases and, therefore, contribute to the improvement of the nutritional status of
the population living on areas where excess or deficiency of some elements occur, e.g., [17,18]. The
determination of geochemical baselines and the geochemical cartography are of major importance
because they provide a base framework required by objective and effective methods for addressing
environmental concerns [19].
Understanding the abundance and spatial distribution of chemical elements in the near-surface
environment of the Earth is critical for fields such as risk-based assessment of contaminated land,
agriculture, animal and human health, water quality, land use planning, mineral exploration,
industrial pollution, and environmental regulation [20]. National geochemical surveys have been a
priority in many countries given the importance and applicability of the resulting geochemical
databases, e.g., [21–24]. These surveys provide the natural state of the environment [20,21,25–29]
and allow the discrimination between geogenic sources and anthropogenic pollution [19,30–32],
which is useful for the determination of environmental impacts of mines [33,34], agriculture [35],
geomedicine [4,7], and other fields. Initially, geochemical maps were used for mineral exploration
and, therefore, were elaborated at high sample densities (from 1/1 km2 to 1/25 km2). Latter, in the
late 1960s, the first national low-density geochemical survey was conducted in Africa with a
sampling density of 1/200 km2. Also in this decade, the U.S. Geological Survey project began a
national-scale geochemical database, with a density of approximately one site per 6000 km2 [20].
National and even continental surveys conducted in various parts of the world had, generally, sample
densities ranging from 1/300 km2 to 1/18,000 km2 [24]. Maps of baseline values are especially
important in countries like Cape Verde, where intervention limits for near-surface environment are
not yet established. Recently, a high-density (approximately 1/3 km2) geochemical survey was
conducted in Santiago Island, Cape Verde archipelago, and the first environmental geochemical atlas
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was compiled for that region [36]. The field work occurred from 2005 until the beginning of 2008,
over six campaigns.
A reliable geochemical baseline can only be established if uncontaminated sites are sampled,
e.g., [31,35]. The input of elements into stream sediments resulting from human activities has been
growing worldwide, making the finding of uncontaminated stream sediment samples more difficult.
Fortunately, the human influence was negligible in Santiago before the sampling survey was
conducted for this study (2005–2008), compared to that in developed countries.
In order to better understand the relationships between environmental geochemistry and public
health, we conducted an environmental risk assessment using the stream sediments sampling medium
in the Santiago Island, Cape Verde, following the guidelines proposed by the International Project IGCP
259 [31]. It is important to highlight that this environmental risk is inferred and not calculated on the
basis of possible direct or indirect ingestion pathways (pica, airborne dust, transfer through
consumption of plants, etc.).
Stream sediments are often a preferred medium for sampling in regional and national geochemical
surveys [37] because they provide a composite sample of the catchment area upstream of the
sampling point [23], which defines the geochemical background, and tends to integrate all sources
of sediment (primary rock and soil) [20]. Therefore, stream sediments are an effective medium to
represent the geochemical background.
Environmental risk maps of some potentially harmful metal and metalloids (As, Cd, Co, Cr, Cu,
Hg, Mn, Ni, Pb, V, and Zn) are presented in this study, identifying the areas of the island which are
potentially problematic concerning human health issues. These risk maps were drawn after an
estimation of the geochemical background values of the studied elements.
2. Cape Verde Archipelago and Santiago Island: Location and Geology
2.1. Settings of the Archipelago of Cape Verde and Santiago Island
The archipelago of Cape Verde composed of 10 islands (Figure 1) is located at the eastern shore of
the Atlantic Ocean, 500 km west from Senegal’s Cape Verde, in the African western shore, between
the latitudes 17°13ƍ N (Santo Antão Island) and 14°48ƍ N (Brava Island) and the longitude 22°42ƍ W
(Boavista Island) and 25°22ƍ W (Santo Antão Island) (Figure 1). The biggest island is Santiago Island
(991 km2), located in the southern part of the archipelago and with about half of the country’s
population [38].
Santiago Island is an elongated NNW-SSE shield-volcano with a maximum length of 54.9 km and
a maximum width of 29 km and its maximum altitude reaches 1394 m. The climate is semi-arid,
with strong winds during the dry season, and a mean annual precipitation of 321 mm, mainly due to
torrential rains, in the wet season [40]. It has 215 km2 of arable area and estimated water resources
of 56.6 × 100 m3/year at the surface, and 42.4 × 100 m3/year underground [41].
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Figure 1. The Cape Verde Archipelago and its location in Africa’s western coast and
Geological cartography of Santiago Island, Cape Verde, modified from [39].

2.2. Geological Setting of Santiago Island
The major lithological formations of Santiago Island were defined by [39] and [42] (Figure 1),
and they show variable geochemistry [36]. The oldest formation, the Ancient Internal Eruptive
Complex (CA), is constituted by strongly weathered submarine volcanic products and a dyke
complex, which probably represent the submarine edifice-building phase of the island [39,43]. The
outcrops of CA are scattered throughout the island (Figure 1), occupying depressions and valleys.
There is a wide range of rock types in the CA, mainly basalts and basanites, but gabbros, alkaline
syenites, phonolites, trachytes, breccias and carbonatites also occur.
The Flamengos Formation (FL), with 4.57 ± 0.31 Ma [44], is composed of submarine basaltic
mantles, with minor hyaloclastic breccias, tuffs, dykes and chimneys. The rocks are limburgites,
basanites and basanitoids, with zeolites and carbonates.
The Orgãos Formation (CB) outcrops mostly in the central part of the island but also in the north
(Figure 1), and reaches thicknesses of more than 100 m [45]. It is a subaerial and submarine
breccia/conglomerate with a sandstone matrix, carbonate and zeolitic cement [39], and probably
represents lahars.
The Eruptive Complex of Pico da Antónia (PA) outcrops along more than half of the surface of
Santiago Island (Figure 1) and its radiometric age is between 3.25 ± 0.4 and 2.25 ± 0.09 Ma [44]. It
corresponds to the main shield-building stage [43] and is essentially formed by thick sequences of
basaltic, submarine and subaerial lava flows [46], with intercalated pyroclastic material. The PA
formation also contains dikes, chimneys and endogenous domes of phonolites and trachytes [39]. The
lithotypes are essentially ankaratrites, limburgites and basanites, but also nephelinites and
olivine-melilitite [42] also occur.
The Assomada Formation (AS) occupies a large depression, is constituted by subaerial almost
horizontal, basaltic mantles and some basaltic pyroclastes (Figure 1). The rocks are essentially
basanites [42], with gray and reddish colours when weathered.
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In Santiago Island, there are 50 scoria cones (the highest reaches 230 m), aligned in the NW-SE
direction (Figure 1), constituted by basaltic pyroclastic material and small subordinated flows
(1.13 ± 0.03 Ma) [44]. They mark the last volcanic episodes in Santiago Island and were named by
Serralheiro (1976) as the Monte das Vacas Formation (MV). The loosely aggregated pyroclasts are
exploited for construction, promoting gullies and landslides on the flanks due to erosive action of the
water during intense rainfall episodes.
The Quaternary Formations (CC) have a small spatial representation (Figure 1), outcropping in
the valleys and close to the shore. They are ancient and modern alluvium, torrent deposits, sand dunes
and marine beaches deposits. The terraces reach altitudes of about 100 m.
3. Materials and Methods
3.1. Sample Collection and Treatment
Between 2005 and 2008, 337 stream sediments composite samples were collected (0–15 cm)
across the Santiago Island at a density of ~1 site per 3 km2. Sampling locations were identified using
a global positioning system (GPS) and the sampling sites were chosen to be as uncontaminated as
possible. Therefore, locations affected by pollution, such as locations near factories or heavy traffic
roads and arable soils, were avoided. Given the mountainous topography of Santiago Island and its
poor road network, sampling sites are somewhat unevenly distributed.
On each site the composite sample (~1 kg) was obtained by collecting five points, spaced
approximately 50 m along the water course. Fresh samples were contained in plastic bags and taken
to a laboratory for posterior analyses. Field duplicate samples were taken at every 10 sites, yielding
field duplicates for 26 locations evenly distributed over the island, which will be used in the Analysis
of Variance described in Section 3.3.
All samples were air-dried at ~20 °C and visible pebbles were removed. Stream sediments were
then sieved to <2 mm, being this fraction used for all analyses. A 10 g split of the retained stream
sediments was milled in an agate mill to <0.074 mm for chemical analysis.
3.2. Chemical Analysis
The chemical analysis was performed at ACME Analytical Laboratories, Ltd., Vancouver, Canada
and according to the laboratory standards methods and QA/QC and protocols. Sample duplicates
were analyzed to access precision. Individual samples were digested in aqua regia and analysed by
inductively coupled plasma-mass spectrometry (ICP-MS) for As, Cd, Co, Cr, Cu, Hg, Mn, Ni, Pb,
V, and Zn. Digestion with aqua regia is a method of chemical attack more commonly used in
environmental studies, than mixtures with HF acid or HClO4 [31]. This type of attack is effective in
removing the more mobile elements normally associated with clay minerals, organic matter and other
secondary minerals [47–49]. It completely dissolves most of the sulphides, oxides, clay minerals and
secondary minerals formed during pedogenesis and other exogenous processes, but most silicate
minerals are not dissolved. The samples sent for analysis were randomly numbered in order to
remove any systematic relationship between the analysis order and the geographic location,
following the recommendations of [31].
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3.3. Analytical Quality Control
The data resulting from the chemical analysis of the elements was subjected to several data quality
tests in order to determine which elements have reliable data to be interpreted by subsequent
statistical analysis. The criteria used were: (i) at least 70% of the observations with content greater
than the detection limit; (ii) accuracy and precision, quantified by analytical duplicates, having
relative standard deviation lower than 10%; and (iii) spatial geochemical variance (ɐଶீ ) significantly
representative, at a 0.01 significance level, of the spatial total observed variance (ɐଶ் ) quantified by
an Analysis of Variance using field duplicates sampled at 26 locations evenly distributed over
the island.
This Analysis of Variance consists of partitioning the spatial total observed variance (ɐଶ் ) into the
spatial geochemical variance (ɐଶீ ) and the variance associated to errors due to field sampling and
ଶ
):
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Here, X1i is the concentration observed at the ith sampling point and X2i is the concentration at the
corresponding field duplicate; N = 26 is the number of sampling points (degrees of freedom) and the
overbars represent spatial average operators.
Note that the variability of the observed data is ்ݏଶ , thus the spatial geochemical variability, ீݏଶ ,
ଶ
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hypothesis test is performed:
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with the following test statistic
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which has a Fisher distribution with N and Ní1 degrees of freedom, i.e., F ~ F(N, Ní1) = F(26, 25). Thus,
for each geochemical element, the null hypothesis is rejected at a 1% significance level if F >2.589.
The null hypothesis was not rejected for all elements used in this work, meaning that the spatial
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geochemical variance can be estimated by the observed spatial variance. Moreover, criteria (i) and
(ii) were also respected by all these elements.
3.4. Estimated Background Value and Statistical Analysis
The methodology followed in this work to determine the Estimated Background Value (EBV) of
each metal at each sampling site (n = 337) followed the guidelines of the IGCP 259 project, which
state that the stream sediments of these sites must be as uncontaminated as possible. The mapping of
the EBVs was performed by ordinary kriging using a theoretical model of spatial continuity fitted to
the experimental variograms calculated for each element. Cross validation was carried out for each
interpolated variable to assess if the fitted model was suitable for the experimental variogram. The
root-mean-square error (RMSE) was used to measure the differences between values predicted by
the model and the actual values. RMSE ranges from 0 to infinity, with 0 corresponding to the ideal
model. Another measure of error, the mean absolute error (MAD) which is less affected by the
presence of outliers, is also presented in Table 1.
Please note that the EBV maps are not shown in this work because of space constraints.
Nevertheless, the variographic model of each element used for the mapping of the associated
Environmental Risk Index (ERI) is described in Section 3.5.
The Estimated Background Value (EBV) at each sampling site was calculated as the median of
the data set limited by the Tukey Range: (P25 í 1.5 × (P75 í P25), P75 + 1.5 × (P75 í P25)) [50]. The
Tukey Range filters out possible outliers and is sometimes referred to as the Non-Anomalous Range.
Table 1. Parameters of the theoretical models of spatial continuity fitted to the
experimental variogram of Co, Cr, Cu, Ni, V, PC1, and PC2.
ID
Co
Cr
Cu
Ni
V
PC1
PC2

Model
exponential
exponential
exponential
exponential
exponential
exponential
exponential

Main Direction
0
45
0
30
0
90
90

C0
C1
Length
30
150
4,000
2,100
1,900
2,000
160
200
5,000
2,600
2,800
3,500
1,200
600
4,000
7,000,000 9,000,000 5,000
1,000,000 7,500,000 2,000

Anisotropy Ratio
1.27
1.64
1.22
1.83
1.98
1.36
1.23

RMSE MAD
2.38
1.58
3.45
2.01
1.05
0.98
4.82
2.99
3.56
2.33
2.53
1.87
1.95
1.54

Notes: ID: Variable; Model: theoretical model fitted to the experimental variogram; C0: nugget effect; C1:
sill for the structure; Length: major range in meters; Anisotropy ratio: Geometrical Anisotropy = major
axis/minor axis; RMSE: root-mean-square error; MAD: mean absolute deviation.

A Principal Component Analysis (PCA) was also performed using the correlation matrix, and the
number of retained Principal Components (PCs) was objectively determined using the scree graph
as follows: the retained modes are those whose eigenvalues decrease sharply. The retained PCs were
mapped using the same methodology used in the EBVs’ mapping.
Some authors address the question of closure and non-normality when performing a PCA on
compositional data [51]. The dataset used in this work is a compositional dataset but it is not a closed
one since the data is expressed in its original units and it was not normalized to a constant. Therefore,
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any logarithmic transformation was performed prior to PCA. The distribution of the data was
considered to be approximately Normal due to the Central Limit Theorem and the fact that the
concentration of each element at a particular sampling point was computed as the average of the
concentrations at five near points. A correlation-based PCA was performed (i.e., the eigenvalues
and eigenvectors were computed from the correlation matrix of the original data) instead of a
covariance-based PCA because the variables are concentrations of different geochemical elements.
The EBVs’ and the PCs’ maps were prepared following the recommendations of [31]. The color
maps were interpolated by ordinary kriging, based on 337 sites and using a theoretical model of
spatial continuity fitted to the experimental variogram calculated for each variable (metal EBV or
PC). The parameters of the theoretical models of spatial continuity fitted to the experimental
variogram, and the RMSE and MAD values are presented in Table 1.
The color maps were plotted using a color scale classified in eight classes, according to
percentiles: [Minimum–P10]; [P10–P25]; [P25–P50]; [P50–P75]; [P75–P90]; [P90–P95]; [P95–P97.5]; [P97.5–
Maximum], where Px is the xth percentile value.
Although the EBV of an element may have a considerable spatial variability, and can, thus, be
presented by distribution maps, policy makers usually prefer a single value representative of an entire
country or region. Because of this, we determined an EBV representative of the entire Santiago Island
(EBV-S) and one EBV representative of each one of its geological formations (EBV-XX where XX
are the initials of a particular geological formation). The EBV-S was calculated as the median of the
data set limited by the Tukey Range. Each EBV-XX was calculated as the EBV-S, with the difference
that the dataset used in the calculations consists of only those sampling points that are located in the
XX geological formation.
3.5. Environmental Risk Assessment
The concentration of some metals in some areas of the island may be too high for “all types of
property uses”, according to the Canadian legislation. Therefore, this issue is assessed in this section
by means of numeric measures of these environmental risks. For each element, the Environmental
Risk Index (ERI) for all types of property uses is quantified by ERI(s) = C(s)/P, where C(s) is the
element content observed at sampling site s, and P represents the legislated permissive level of that
element, according the Canadian Legislation [52]. The permissible level is, by definition, the element
concentration in the stream sediment medium above which the stream sediment is considered to be
unsafe for some purpose. We choose the Canadian Guidelines for all types of property uses as the
permissible level. Note that the Canadian legislation provides no values for V. So, we used the target
value of the Italian guidelines for public/private green areas and residential sites [53].
The procedure used to interpolate and map the ERI fields was the same used for either the EBV
or the PC fields. Particularly, the variographic model used for the ERI of an element is the same
determined for that element. For the PCs, a new variographic model was determined using the same
procedure. These ERI fields indicate where a particular element is above the permissible level,
according to the legislation for its use purposes.
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4. Results and Discussion
4.1. Estimated Background Values
Descriptive statistics including the standard deviation (SD), skewness (Skew), kurtosis (Kurt),
coefficient of variation percent (CV%), minimum (Min), maximum (Max) and the range of the
analyzed metals concentrations along with the EBV-S of Santiago Island were calculated and listed
in Table 2.
In order to further explore the relationships between the spatial distribution of the metal contents
and the geological formations, the EBV-XX values were calculated. Please remember that an
EBV-XX is the estimated background value of a particular metal in the stream sediments collected
from a XX geological formation of the Santiago Island (Table 3).
According to Table 3, stream sediments from the Ancient Complex (CA) show high Cr, V, and
also Mn. Stream sediments from Flamengos Formation (FL) have high Cu and low Pb concentrations.
Órgãos Formation (CB) shown stream sediments with high values of Cu, and low values of Mn and
Zn. Stream sediments from Pico da Antónia Formation (PA) have high Co, Cr, Ni and V, and low
Zn concentrations. The stream sediments from Assomada Formation (AS) presented high Cd, Mn,
Pb and Zn, and low Co, Cr, Cu and Ni (and also V), while the samples collected from the MV
formation stands out from the other stream sediment samples by its higher Cd, Hg, As, Pb and Zn
concentrations. The sediments of this geological formation are scarce in Cu and V. The Quaternary
Formation stream sediments samples are also enriched in As but have low Zn contents. Alluvium
samples have high Cr and Ni contents. All these results are in line with those obtained from the
comparison of the EBV maps with the geological cartography.
Table 2. Statistical As, Cd, Co, Cr, Cu, Hg, Mn, Ni, Pb, V, and Zn variables analysed,
interval ranges, and the baseline values (EBV-S) of metals from the stream sediments of
Santiago Island (n = 337). Values expressed in mg·kgí1.
Var

Min

Tukey Range

EBV-S

As
Cd
Co
Cr
Cu
Hg
Mn
Ni
Pb
V
Zn

0.3
0.3
0.6
7.2
0.62 1.07 5.18 43.79
0.3–1.6
0.3–1.4
0.05
0.10
0.14
1.00
0.09 0.64 3.82 30.16
0.05–0.30
0.05–0.35
3.1
44.7
45.1
139.9 13.86 0.31 1.21 7.79
26.4–66.1
15.8–73.4
8.0
114.0 123.7 463.1 68.03 0.55 1.49 4.48
20.0–251.5
8.0–264.0
3.2
48.8
48.6
141.6 17.99 0.37 0.52 2.38
17.6–77.8
9.4–87.6
0.01
0.01
0.01
0.08
0.01 0.74 2.13 7.24
0.15–0.54
0.07–0.61
197.0 1191.0 1259.9 4210.0 441.65 0.35 2.07 8.87 737.1–2043.5 255.1–2162.1
6.8
155.2 160.5 477.0 76.02 0.47 0.50 1.13
21.3–286.2
6.8–337.5
1.4
3.9
5.2
81.4
6.61 1.26 7.53 70.27
2.0–10.1
1.4–10.1
24.0 160.0 161.0 372.0 45.68 0.28 0.64 2.57
92.4–237.3
50.5–262.5
15.0
81.0
82.7
189.0 19.14 0.23 1.23 5.35
57.0–111.0
34.0–130.0

Med

Me

Max

SD

CV

Sk

Krt

P5–P95

0.25
0.10
44.65
111.00
48.70
0.26
1182.00
152.85
3.80
159.00
81.00

Notes: Min: minimum; Med: median; Me: Mean; Max: maximum; SD: standard deviation; Sk: skewness;
Krt: kurtosis; CV: variation coefficient; P5–P95: the interval limited by the 5th and 95th percentile values;
Tukey Range [50] or Non-Anomalous range: P25 – 1.5 × (P75 í P25) í P75 + 1.5 × (P75 í P25); EBV-S
(Estimated Background Value for Santiago): the median of the data limited by the Tukey Range.
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Table 3. Estimated Background Values (EBV-XX) of As, Cd, Co, Cr, Cu, Hg, Mn, Ni,
Pb, V, and Zn in the stream sediments of different geological formations in Santiago
Island, Cape Verde.
Variable
As
Cd
Co
Cr
Cu
Hg
Mn
Ni
Pb
V
Zn

EBV-CA EBV-FL EBV-CB EBV-PA EB-AS EBV-MV EBV-CC EBV-AL
(n = 41) (n = 21) (n = 28) (n = 118) (n = 15) (n = 18)
(n = 9)
(n = 87)
0.3
0.3
0.3
0.3
0.3
0.6
0.7
0.3
0.10
0.10
0.10
0.10
0.20
0.20
0.10
0.10
43.6
41.3
40.3
48.8
35.8
42.6
42.2
44.9
116.0
112.5
99.0
122.5
20.5
76.0
93.5
119.3
53.8
57.6
56.7
46.6
26.4
34.2
47.4
48.9
0.01
0.01
0.01
0.02
0.02
0.03
0.01
0.02
1199
1036
980
1328
1612
1423
1027
1157
126.7
139.1
145.1
168.1
20.1
104.1
148.9
164.1
3.6
2.5
3.3
4.7
6.6
6.0
4.1
3.4
166.0
157.5
148.0
167.0
153.0
131.0
147.0
156.0
86.5
80.0
76.5
76.0
99.0
88.0
73.5
81.0

Notes: CA: Ancient Intern Eruptive Complex; FL: Flamengos Formation; CB: Órgãos Formation;
PA: Pico da Antónia Formation; AS: Assomada Formation; MV: Monte das Vacas Formation; CC:
Quaternary Formations; AL: Alluvium. Highest chemical element contents in bold and lowest chemical
elements contents with gray highlight.

4.2. Multivariate Statistical Analysis
In order to confirm the link between the EBV classes with the geological spatial distribution, a
correlation-based PCA was also conducted (see Section 3.4). Using the scree graph (Figure 2a) it
was decided to retain three modes, accounting for 61.02% of the total variance (Figure 2b). Based on
the biplots show in Figure 2c, the elements can be assembled into the first three principal vectors (PVs),
as follows:
Figure 2. (a) Scree graph and (b) Cumulative Explained Variance of the first 11 PCA
(Principal Component Analysis) modes. Red circles are drawn for the three retained
components; (c) Biplot of PV2 vs. PV1 and (d) PV3 vs. PV1.
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Figure 2. Cont.

PV1: association of Co, V, Cr, and Mn, displaying high loadings: 0.839, 0.798, 0.732, and 0.686,
respectively. The metal association in first PCA mode clearly shows the influence of a lithology rich
in siderophile elements (Co, Cr), typical of basic rocks and also the presence of its typical
minerals [36], such as pyroxene (V), olivine and serpentine (Co, Cr, Ni). These four elements may
exist together in soil and also in stream sediment parent materials, as the weathering products of the
exposed bedrocks. Soils (and stream sediments) developed from basic and ultramafic rocks are
usually enriched in Ni, Cr and Co [54]. This first factor is then assumed as a natural lithogenic factor.
PV2: Zinc and Cd are associated in the second mode (PV2/PC2), with high negative loadings,
í0.558 and í0.513, respectively, in opposition to the element Ni with a strong high positive loading,
0.675. Zinc and Cd are highly associated with pyroclastic deposits of Monte das Vacas Formation.
Niquel also shows a positive high value, 0.675, in PC2, leading to the assumption that this metal
association primarily shares a natural source feature.
PV3: consists of Cu and Pb association, with the loadings of 0.546 and 0.583, respectively. This
mode apparently reflects the influence of anthropogenic sources, namely the possible use of
fertilizers and/or pesticides containing Cu and Pb, and/or batteries, particularly at the relatively
populous regions, such as Praia, Assomada, Tarrafal and corresponding riversides that can result in
the high element loading. These areas pose a potential health risk. Also, the lack of a relationship
between these metals and the geological formations induces a link to an anthropogenic source. In
fact, the geological formations where Pb concentrations are higher correspond to the geological
formations where Cu contents are lower and vice versa (e.g., Assomada and Monte das
Vacas formations).
The PV1, PV2 and PV3 loadings (Figure 2) account for 31.28%, 20.28% and 9.47% of the total
variability, respectively.
When comparing the spatial distribution of the PCs with the geological formations (Figure 3), it
is possible to identify a light relationship between them. The association in PC1 displays the influence
of a rich lithology in siderofile elements, typical of basic rocks and the presence of minerals such as
pyroxene, amphibole, olivine and serpentine, as referred to previously. PC1 is linked with the
basaltic-basanite rocks from the PA Formation, contrarily to the Flamengos (FL) and AS Formations;
The metal association in PC2, with Zn and Cd (and As), is associated mainly to the pyroclastic rocks
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of Monte das Vacas, opposed in sign to Ni, which enters in the structure of the basaltic rocks typical
minerals, such as serpentine (Co, Cr, Ni). PC3 apparently reflect the influence of the anthropogenic
sources, having no relation with the geological cartography.
Figure 3. Spatial distribution of PC1 and PC2. The geological map of Figure 1 is shown
in the last panel for easier comparison with the PC spatial fields.
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4.3. Environmental Risk Assessment
Before analysing the ERI fields, the comparison of the EBV-S of each studied metal in the stream
sediments of Santiago Island and the international values legislated as dangerous for certain uses
(guideline values), is given in Table 4.
The EBV-S of Cd, Co, Cr, Ni and V are above the Canadian guidelines for stream sediments (for
any use) and above the target values of Dutch [55] and United States [56] guidelines. Numerical
sediment quality guidelines for freshwater [57] are commonly used to identify sediments that are
likely to be toxic to sediment-dwelling organisms. The Probable Effect Concentrations (PEC)
quotients allowed to assess the sediments that contain complex mixtures of chemical contaminants
(Table 4). The PEC, above which harmful effects are likely in sediment dwelling organisms were
compared for As, Cd, Cr, Cu, Hg, Ni, Pb, and Zn. The EBV-S of Cr and Ni were found to be above
the Probable effect level (PEL) [58], the Severe effect level (SEL) [59] and the Toxic effect threshold
(TET) [60], as shown in Table 4.
Figure 4 shows the ERI maps each element for all types of property uses. Only the ERI maps of
the elements that present regions with values above the unit (i.e., above the legislated permissible
values) are shown (Figure 4). These elements are Co, Cr, Cu, Ni and V. The Zn map is not shown
because it has ERI > 1 only at six sample locations. These metals are precisely those with higher
loadings in PV1 and PV2 (Ni), which revealed to be of natural origin in Santiago island.
Table 4. Estimated Background Values of harmful elements from the stream sediments
of Santiago (EBV-S), admissible levels (in mgÂkgí1) in stream sediments according to
the Ontario, Dutch and United States guidelines, and the numerical sediment quality
guidelines for freshwater, including their probable effect concentrations (PEC).
Canadian
Guidelines
EBV-S
All Types of
Property Uses
As 0.60
6
Cd 0.91
0.6
Co 46.4
50
Cr 118
26
Cu 50.8
16
Hg 0.02
0.2
Mn 1293
Ni 136.1
16
Pb 5.00
31
V 169
90 *
Zn 79
120

Dutch
Guidelines

United
States [56]

Target Values

Mean Values

29
0.8
9
100
36
0.3
36
85
140

3.9
9.1
14.2
760
15.1
14.1
81.1
62.9

Numerical Sediment Quality
Guidelines for Freshwater Ecosystems
Probable Effect Concentrations:
PEL; SEL; TET
17; 33; 17
3.53; 10; 3
-; -; 90; 110; 100
197; 110;86
0.486; 2; -; -; 36; 75; 61
91.3; 250; 170
-; -; 315; 820; 540

Notes: PEL: Probable effect level; dry weight [58], in [57]. SEL: Severe effect level; dry weight [59],
in [57]. TET: Toxic effect threshold; dry weight [60], in [57]. * Italian legislated value for public/private
greens areas and residential sites [53].
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Figure 4. Environmental Risk Index (ERI) of some metals for all types of property uses.
The geological map of Figure 1 is shown in the last panel for easier comparison with the
ERI spatial fields.

5. Conclusions
A clear chemical characterization of the stream sediments in different geological formations is
difficult, since the chemical composition of each sampling point represents the chemical composition
of the entire area upstream, covering different geological formations. Despite this constraint, the
EBV spatial distribution of the metals and the results of PCA allowed establishing relationships
between the EBV maps and the geological formations. Furthermore, it is important to emphasize that
the stream lines in Santiago have a negligible water flow.
The first two PCA modes indicate that heavy metals in Santiago stream sediments are mainly
originated from weathering of underlying bedrocks. The first metal association (Co, V, Cr, and Mn;
first PCA mode) consists of elements enriched in basic rocks and compatible elements. These elements
are related to pyroxene, amphibole, and olivine minerals that were found in Santiago stream
sediments [61].
The second association of variables, Zn and Cd as opposed to Ni (second PCA mode), appears to
be strongly controlled by the composition of alkaline volcanic rocks and pyroclastic rocks. The
K-feldspar, zircon, pyroxene, amphibole, and olivine are examples of minerals responsible for this
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association [36,61]. So, the second PCA mode is also considered as a natural lithogenic mode.
The third association (third PCA mode: Cu and Pb) consists of elements that may have
an anthropogenic origin.
In terms of the relationship between the stream sediments’ composition and the geological
formations it can be concluded that the stream sediments associated to the PA formation have the
highest background values (EBVs) of the variables Co, Cr, Mn, Ni, and V (first PCA mode),
which explains the enrichment seen in association Co-Cr-V-Mn, which is consistent with the
mineralogical analysis that consists mainly of pyroxene, plagioclase, potassium feldspar, and
phyllosilicates [36,61]; the stream sediments collected associated with the CB formation show
depletion in Mn and Zn, which is consistent with the results obtained for the analysis of rocks [36];
the majority of the samples of stream sediments that occur associated with the AS formation is
enriched in As, Cd, Hg, and Mn and impoverished in Co-Cr-Cu-Ni association, probably because
this geological formation is significantly weathered and consequently impoverished in primary minerals
such as pyroxene and olivine, and enriched in secondary minerals, such as hematite, phyllosilicates,
serpentine and zeolite [61]. The stream sediments associated with the Monte das Vacas formation
are impoverished in Co-Cr-Ni-V. The alluvium samples are particularly enriched in Ni.
The high values of ERIs for some elements demonstrate that the Santiago stream sediments may
have higher Co, Cr, Ni, Mn and V risks which are caused by its higher natural origin. Nickel has the
highest ERI values. The occurrence of values greater than 1 in the ERI maps shows that, on average,
the contents of the respective metals are above the permissive levels. The PEC, above which harmful
effects are likely in sediment dwelling organisms, was found for Cr and Ni.
So, this study shows that Santiago stream sediments present high natural heavy metals concentration
levels, and are a potential risk to human health, which should be of concern to scientists and the
government, needing epidemiologic studies.
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The Legacy of Uranium Development on or Near Indian
Reservations and Health Implications Rekindling
Public Awareness
Anita Moore-Nall
Abstract: Uranium occurrence and development has left a legacy of long-lived health effects for
many Native Americans and Alaska Natives in the United States. Some Native American
communities have been impacted by processing and development while others are living with
naturally occurring sources of uranium. The uranium production peak spanned from approximately
1948 to the 1980s. Thousands of mines, mainly on the Colorado Plateau, were developed in the
western U.S. during the uranium boom. Many of these mines were abandoned and have not been
reclaimed. Native Americans in the Colorado Plateau area including the Navajo, Southern Ute, Ute
Mountain, Hopi, Zuni, Laguna, Acoma, and several other Pueblo nations, with their intimate
knowledge of the land, often led miners to uranium resources during this exploration boom. As a
result of the mining activity many Indian Nations residing near areas of mining or milling have had
and continue to have their health compromised. This short review aims to rekindle the public
awareness of the plight of Native American communities living with the legacy of uranium
procurement, including mining, milling, down winders, nuclear weapon development and long term
nuclear waste storage.
Reprinted from Geosciences. Cite as: Moore-Nall, A. The Legacy of Uranium Development on or
Near Indian Reservations and Health Implications Rekindling Public Awareness. Geosciences 2015,
5, 15-29.
1. Introduction
Native American communities on American Indian reservations located with natural resources on
or near their lands may be at a greater risk for environmentally induced ailments [1]. The impact of
natural resource development has not always been fully recognized with respect to the cultural and
health effects of the people and animals of these lands. Sometimes the effects are not realized until
after the fact when problems associated with resource extraction or cleanup may already be impacting
the health of the population [2–8]. On some reservations a lack of education and knowledge about
the effects of geologic materials such as uranium and coal led to long term health problems when
resources were developed [7]. In this short review the effects of uranium procurement will be
addressed, though many other factors may also be contributing to poor health of the Native American
populations with natural resources on or near their lands.
Technologically-enhanced, naturally-occurring radioactive material (TENORM) is produced
when activities such as uranium mining or milling concentrate or expose radioactive materials that
occur naturally in ores, soils, water, or other natural materials [9]. Radioactive materials can be
classified under two broad headings: man-made and naturally occurring radioactive materials
(NORM). Both of these materials affect many Americans but especially the Native American

156
populations in the United States and Canada, whose designated lands host uranium deposits. Mining
of uranium by underground and surface methods produces bulk waste material, including tailings
and overburden. During mining the waste rock and soil have little or no practical use, they are
generally stored on land near the mine site [10,11]. These materials contain NORM which may
become dispersed in the environment through airborne dust and contaminated water. Continued
exposure to these materials can cause severe health problems [10,12]. Abandoned conventional uranium
mines often contain other hazardous contaminants, such as metals. For example, the carcinogen
arsenic may be a problem at some uranium mines, contributing to increased health risks [11].
1.1. The Quest for Uranium
The origin of the Department of Energy is traced to World War II and the Manhattan Project effort
to build the first atomic bomb [13]. The “Manhattan Project” was conducted mainly at the Los
Alamos National Scientific Laboratory, a huge fortified compound created in 1943 [14] on the
Pajarito Plateau, northwest of Santa Fe, New Mexico, on land supposedly reserved for the exclusive
use and occupancy of the San Ildefonso Pueblo [15]. Uranium, the key material used in the lab’s
experiments and eventual fabrication of prototype nuclear weapons, was mined and milled in four
centers of the nearby Navajo Reservation [6,9,16] including reservation land near Shiprock, New
Mexico; Monument Valley, Utah; Church Rock, New Mexico; and Kayenta, Arizona. Hanford, a
uranium enrichment/plutonium manufacturing facility, was added in 1943, near the town of
Richland, on Yakima land in eastern Washington [16,17]. The Hanford area bordering the Columbia
River was home to several tribes of Native Americans for centuries. Remnants, artifacts, and burial
sites associated with historical Native American activity are found throughout the Site and are
protected by law [16]. On 16 July 1945, the world’s first atomic bomb was detonated 200 miles south
of Los Alamos at Trinity Site on the Alamogordo bombing range [13,14], now the White Sands Test
Range, adjoining the Mescalero Apache Reservation. It is this quest for uranium and these different
aspects of the procurement plus the disposal and storage of waste that continues to contribute to poor
health among many Native American populations. Many cancer clusters and other ailments are
attributed to this quest.
1.2. Uranium Production on Native American Lands
The uranium production peak spanned from approximately 1948 to the early 1980s primarily to
produce uranium for weapons and later for nuclear fuel [9,10]. Thousands of mines, mainly on the
Colorado Plateau, were developed in the western U.S. during the uranium boom. Native Americans in
the area including the Navajo, Southern Ute, Ute Mountain, Hopi, Zuni, Laguna, Acoma, and several
other Pueblo nations, with their intimate knowledge of the land often led miners to uranium resources
during this exploration boom [5,8]. There are about 4000 uranium mines with documented
production [10]. With information provided by other federal, state, and tribal agencies, the Environmental
Protection Agency (EPA) has identified 15,000 abandoned uranium mine locations with uranium
occurrence in 14 western states with about 75% of those on federal and tribal lands [10]. The majority
of these sites were conventional (open pit and underground) mines [10]. Between 1950 and 1989
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surface and underground mines in the U.S. produced more than 225 million tons of uranium ore [8].
Figure 1 shows the abandoned uranium mines in the western United States.

Figure 1. Uranium locations from Environmental Protection Agency (EPA) database and
Federal Lands. The green federal lands are Native American reservations. About
three-fourths of the uranium locations in the EPA Uranium Location Database are on
Federal Lands. Figure is modified from Geographic Analysis on the Location of Uranium
Mines [9].
1.2.1. The Navajo Nation
The Navajo Nation was one of the Indian nations heavily affected by this activity with more than
a thousand mines and four uranium mills on the reservation lands [5,6,8]. When mining came to the
reservation the Navajo men were ready to gain employment and the close work seemed ideal. What
they didn’t realize was that they were being exposed to radiation when they worked and brought it
home with them in their clothing to their families [6]. Energy material may contain harmful chemical
substances that, if mobilized into air, water, or soil, can adversely impact human health and
environmental quality [18]. As a result of the mining activity much of the population of the Navajo
Nation residing near the areas of mining or milling has had their health compromised. Many of the
miners developed cancers; some were lung cancer from inhalation of radioactive particles, i.e.,
exposure to radon [6]. Of the 150 Navajo uranium miners who worked at the uranium mine in
Shiprock, New Mexico until 1970, 133 died of lung cancer or various forms of fibrosis by 1980 [19].
Other potential health effects include bone cancer and impaired kidney function from exposure to
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radionuclides in drinking water [12]. The government and the mining companies failed to inform the
people of the Navajo Nation that working with uranium might be hazardous to one’s health [2–8].
The Public health Service even conducted a study to document the development of illnesses as the
mining progressed without consent or presenting the data to the miners involved [5,8]. Most of the
1000 unsealed tunnels, unsealed pits and radioactive waste piles still remain on the Navajo
reservation today, with Navajo families living within a hundred feet of the mine sites [9,20]. Some
of the homes were built with tailings material and much of the water is contaminated on the
reservation [20]. Figure 2 shows a sign erected by the Navajo and U.S. EPA which is typical for
many of the water sources on the reservation.

Figure 2. Sign erected by the Navajo and U.S. EPA which is typical for many of the
water sources on the reservation. Figure from EPA Pacific Southwest Region 9
Addressing Uranium Contamination on the Navajo Nation [21].
1.2.2. Laguna Pueblo Tribe
The Village of Paguate (Laguna Pueblo), 40 miles west of Albuquerque, New Mexico was host
to the largest open-pit uranium mine in the United States, the Jackpile Mine [22,23]. The mine was
the largest producer of uranium ore in the Grants District [24]. Though the site was officially
reclaimed in 1995 it is being considered for a National Priorities Listing (NPL) with the EPA after a
Record of Decision (ROD) Compliance Assessment for Jackpile-Paguate Uranium Mine was performed
to determine if the post-reclamation had met the requirements of the Environmental Impact Statement
and ROD. This report concluded that reclamation of the mine was still not complete. The Laguna
Pueblo, representing a population of about 8000, rejected mining company offers to operate a
uranium mill on tribal land. The mill was built just down the road at Bluewater, now another
Superfund site [25].
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1.2.3. The Eastern Shoshone and Northern Arapaho Nations
Uranium mining and processing has also left a legacy of contaminated groundwater and
tailings on the Wind River Reservation, Wyoming, home to Eastern Shoshone and Northern Arapaho
Indians. Increased incidences of cancers among its peoples are attributed to the old
Susquehanna-Western uranium mill tailings site [26]. The site is a few miles southwest of Riverton,
the ninth most-populated city in Wyoming. In some areas of the Wind River Indian Reservation
groundwater contamination is so bad that the Department of Energy (DOE) estimates drinking water
from contaminated aquifers could make residents up to 10 times more likely to develop cancer than
the general population [26]. Uranium was not mined on the Wind River Reservation but uranium
mined in the Pryor Mountains, Montana and Northern Bighorn Mountains, Wyoming was some of
the ore processed there.
1.2.4. The Sioux Nations
Uranium mining in South Dakota, Wyoming, Montana, and North Dakota began in the middle of
the 1950s [1]. More than 1000 open-pit uranium mines and prospects can be found in the four state
region according to U.S. Forest Service maps. There were numerous uranium mines throughout the
southern Black Hills National Forest as well as in Custer National Forest near the Lakota-Sioux lands
in the Black Hills of South Dakota, which also had mines [1]. Most of these have not been reclaimed.
1.2.5. The Spokane Nation
The only uranium mining in Washington State was on the Spokane Indian Reservation. The mines
were the Sherwood Uranium Mine and the Midnite Uranium Mine, which opened in the 1950s to
produce uranium for the U.S.-Soviet nuclear arms race [27]. Just as on the Navajo reservation the
mines brought needed employment to the reservation at that time and the miners were not informed
of the dangers uranium mining [28]. About 33 million tons of radioactive waste rock and ore remain
at the 350-acre site above the Spokane River [27]. The mines have been closed since the 1980s. The
Midnite Mine site, the larger of the two uranium mines on the reservation is a superfund site [27].
Newmont Mining Co. (Greenwood Village, Colorado, USA) and its subsidiary, Dawn Mining Co.
(Ford, Washington, USA) expects to begin cleanup of the Midnite Mine in 2015 [27]. “The plan is
to fill in open pits left from the mine excavations with the waste rock and ore. The pits would be
capped to keep radon gas from escaping. Groundwater in the pits will be collected and treated and
then piped 7 miles to the Spokane River” stated a consultant from Newmont [27]. “Newmont already
collects and treats water at the old mine site, but that water is currently discharged into Blue Creek,
a tributary of the Spokane River. Discharging the treated wastewater directly into the Spokane River
will reduce the impacts to Blue Creek, where the tribe is working to re-establish a native redband
trout run” stated the Superfund director for the Spokane Tribe [27]. “The water discharged into the
Spokane River must meet the tribe’s water quality standards for radionuclides, heavy metals and
other pollutants, which are stricter than state and federal standards. The cleanup work is also subject
to permits from the U.S. Environmental Protection Agency” [27] Members of the Spokane Tribe
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who worked at the mine or who live on the reservation are questioning the high rates of cancer on
the reservation [28].
The Spokane Tribe teamed up with the Washington Department of Health and the Northwest
Indian Health Board to track cancer rates among the tribe’s 2700 members living with the legacy of
the mining from the Sherwood Uranium Midnite Uranium Mines [28]. Study results are pending [28].
1.3. Nuclear Weapons Development
Pacific Northwest tribal groups on nine reservations in Washington, Idaho and Oregon were
impacted by Hanford Nuclear reservation activities [29]. The Hanford Nuclear site is located on 1518
square km of shrub-steppe desert in southeastern Washington State [17] surrounded by these nine
reservations (Figure 3).

Figure 3. Hanford Nuclear Reservation, shown in red, was located in the state of
Washington. Nine Native American reservations surround it. Figure modified from
Edward Liebow in Hanford, Tribal Risks, and Public Health [29].
The people of these reservations traditionally used [17] and continue to use the lands and resources
from the Columbia River Plateau region including land that was ceded to the government for which
they retained hunting and gathering privileges [29]. Thus, they may have been exposed to more
radiation and contaminants than the general public in practicing traditional lifestyles while fishing,
hunting game, food gathering (berries, root plants, etc.) harvesting medicinal plants and traditional
practices (i.e., sweats), as well as social and spiritual interaction networks [29]. This region was
contaminated by Hanford activities through primarily two distinct forms: airborne and river-borne
releases, both normal operations and some accidental releases [29]. During the period from 1944 to
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1972 Hanford released 25 million curies of radioactive contamination into the environment as a
comparison the Chernobyl plant released between 35 and 49 million curies of iodine-131 (I-131) [29].
Five of the reservations, the Colville Confederated Tribes, Spokane, Kalispel, Kootenai, and Coeur
D’Alene are primarily downwind of Hanford Nuclear site’s 1450 square kilometer area (Figure 3)
and would have been exposed to the airborne release of radioactive contamination for the most part
normal by-product of chemical reactions used to separate weapons-grade plutonium from enriched
uranium reactor rods, i.e., I-131 with less of a contribution of the river borne releases [29]. The other
four reservations, the Nez Perce, Confederated Tribes of the Umatilla, Confederated Tribes and
Bands of the Warm Springs and the Yakama Nation are known to consume large quantities of fish
and likely received higher doses of river borne releases which resulted from both accidental releases
and normal operations that used Columbia River water to cool weapon-production reactor cores [29].
Additionally, liquid waste that had been poured onto the ground or held in ponds or trenches at the
Hanford reservation evaporated or soaked into the soil on the site [30]. The waste contaminated some
of the soil and is thought to have also created underground “plumes” of contaminants [30] which
could also affect the tribes who consumed native food sources in the area. These nine reservations
were all part of the Intertribal Council on Hanford Health Projects established in 1994 when all tribal
governing bodies involved agreed on bylaws and operations plans for the council [29]. The group
sought to give the tribal perspective of the information needed for estimating radiation doses from
distinctive traditional lifestyles of the represented tribes and protect their sovereignty in public health
research while also ensuring the scientific integrity of the research involving their people and land [29].
The final report of the federal government’s Hanford Thyroid Disease Study (HTDS), a dose-based
analysis epidemiological study conducted under contract by researchers at the Fred Hutchinson
Cancer Research Center in Seattle from 1989 to 2002 [30], showed northwest U.S. residents with
childhood radiation exposures from Washington State’s Hanford nuclear site had similar risk levels
for thyroid cancer and other thyroid disease regardless of their radiation dose [31]. Many people were
dissatisfied with the results of the report and have lawsuits pending [30]. The study was not specific
to Native American communities though “the authorizing language which provided funding for the
study specifically required that thyroid disease among Native Americans be studied. However, no
study focusing on thyroid disease among Native Americans was ever completed.” ([29], p. 152).
According to the HTDS summary report: “based on information from Native American Tribes and
Nations, a study such as the HTDS in Native American populations alone was not feasible because
it would have too little chance of detecting any health effects from Hanford’s iodine-131” [32].
Native Americans were included in the HTDS if they were identified in the group that made up the
study cohort [32]. The study used computer programs from Hanford Environmental Dose
Reconstruction Project (1987–1994) and interviews with participants to estimate I-131 doses for
3440 people born between 1940 and 1946 to mothers living in seven Washington counties, took
nearly 13 years to complete and cost $18 million dollars [31]. The site is an environmental cleanup
project that approximately 11,000 Hanford employees are involved with today [30].
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1.4. Milling and Abandoned Mills
Over ninety percent of all milling done in the U.S. occurred on or just outside the boundaries of
American Indian reservations [33]. Mills logically would be located near the production or mine sites
for infrastructure, thus many mills were on or near the reservations where uranium mining was
operating. A disaster of huge consequence for the Navajo Nation occurred at the Church Rock uranium
mill spill on 16 July 1979, in New Mexico when United Nuclear Corporation’s Church Rock uranium
mill tailings disposal pond breached its dam [34]. Over 1000 tons of solid radioactive mill waste and
93 million gallons of acidic, radioactive tailings solution flowed into the Puerco River, and
contaminants traveled 130 km downstream onto the Navajo Nation [35]. The mill was located on
privately owned land approximately 27 km north of Gallup, New Mexico, and bordered to the north
and southwest by Navajo Nation Tribal Trust lands [35]. Local residents, who were mostly Navajos,
used the Puerco River for irrigation and livestock and were not immediately aware of the toxic
danger [34]. The Navajo Nation asked the governor of New Mexico to request disaster assistance
from the U.S. government and have the site declared a disaster area, but he refused, limiting disaster
relief assistance to the Navajo Nation [34]. In terms of the amount of radiation released, the accident
was larger in magnitude than the Three Mile Island accident of the same year [34] but received little
public attention. This was likely due to the remoteness and sparsely populated area of the Navajo
Nation which was impacted by the spill. The area was inhabited by mainly Navajo people, many who
only spoke their native tongue [34]. This is in contrast to the highly populated area of Middletown,
Pennsylvania located three miles from the Three Mile Island Nuclear Generating Station where the
TMI accident occurred. Possibly the greater significance of a nuclear power plant versus a tailings
dam may also have influenced media coverage.
2. Indian Health Service, Census Data and Health Disparities
2.1. Indian Health Service
To evaluate health issues of Native American populations one must be aware of the unique
relationship that American Indians and Alaska Natives (AI/AN) have with the federal government.
The provision of health services to members of federally-recognized tribes grew out of the
government-to-government relationship, established in 1787, between the federal government and
Indian tribes in exchange for tribal lands. This relationship is based on Article I, Section 8 of the
Constitution, and has been given form and substance by numerous treaties, laws, Supreme Court
decisions, and Executive Orders [36,37]. The Indian Health Service (IHS), an agency within the
Department of Health and Human Services, is responsible for providing federal health services to
AI/AN. Approximately 2 million of the 3.4 million AI/AN, members of 566 federally recognized
tribes across the U.S., are served by the IHS [36,37]. The organization has fulfilled the federal
government’s responsibility since 1955. The AI/AN health system has evolved greatly since then and
now consists of IHS hospitals and health centers managed by the federal government, tribally
managed services, and urban Indian health programs [38]. There are 12 Area offices, which are
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further divided down into 168 Service Units that provide care at the local level; most of these are
rural primary care systems and are staffed by 70% native employees [36].
Tribal involvement and collaboration is an important aspect of the IHS in meeting the health needs
of its service population [37]. Tribal delegation meetings are a form of tribal consultation where
elected tribal officials meet with the IHS Director or senior staff to discuss health policy and program
management issues related to the provision of health services to the Indian population. The IHS has
an official Tribal Consultation Policy [37]. There are also programs with committees, task forces,
boards and workgroups set up within the IHS system to address different aspects of policy and
communication between the tribes and the federal government.
One of these programs is the Environmental Health Services (EHS) program. It includes the
specialty areas of injury prevention and institutional environmental health. The IHS EHS program
identifies environmental hazards and risk factors in tribal communities and proposes control
measures to prevent adverse health effects. These measures include monitoring and investigating
disease and injury in tribal communities; identifying environmental hazards in community facilities
such as food service establishments, Head Start Centers, community water supply systems, and
health care facilities; and providing training, technical assistance, and project funding to develop the
capacity of tribal communities to address their environmental health issues [38]. The current IHS
director is Yvette Roubideaux, M.D., M.P.H., a member of the Rosebud Sioux Tribe, South Dakota;
she has served since May of 2009.
2.2. Census Data and Disparities
In the 2010 U.S. Census, 5.2 million people (about 1.7% of the U.S. population) identified
themselves as AI/AN, solely or in combination with one or more racial/ethnic groups [39]. This
population is concentrated in the west and south and proximate to AI/AN areas (reservations/trust
lands) for most of the population [39]. AI/AN people consistently experience lower health status
when compared with other Americans. The health status of AI/AN is affected by a number of
environmental hazards, such as living in remote and isolated locations that expose residents to severe
climatic conditions, hazardous geography, and disease-carrying insects and rodents, limited availability
of housing and extensive use of sub-standard housing, unsanitary methods of sewage and waste
disposal, and unsafe water supplies [40]. Lower life expectancy and the disproportionate disease
burden exist possibly due to inadequate education, disproportionate poverty, discrimination in the
delivery of health services, cultural differences and geographic location [40]. This population is
concentrated in the west and south and proximate to AI/AN areas (reservations/trust lands) for most
of the population [39]. AI/AN have the highest national poverty at 27.0%; nine states had poverty
rates of about 30% or more for AI/AN: Arizona, Maine, Minnesota, Montana, Nebraska, New Mexico,
North Dakota, South Dakota, and Utah [39]. There are many interwoven quality of life issues
associated with life in native settings. These are broad issues deeply rooted in economic adversity,
poor social conditions and a struggle to maintain a cultural identity while assimilating with U.S.
society. A major cause of poverty in Native American communities is the persistent lack of
opportunity; even most of the communities with natural resources on their lands are faced with high
poverty. The Economic Research Service reports that Native American communities have fewer
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full-time employed individuals than any other high-poverty community. Mortality rates in AN
populations are 60% higher than those of the U.S. white population [41,42], and mortality in AI
populations are about twice that of the general U.S. population [43]. In addition, AI/AN have the
lowest cancer survival rates among any racial group in the United States [44]. Native Americans in
the Northern Plains region have a cancer mortality rate approximately 40% higher than that of the
overall population [45].
There is sufficient evidence of disparities in health care financing, access to care, and quality of
care to conclude that American Indians and Alaska Natives are disadvantaged in the health care
system [33,34]. Comparing per capita personal health care expenditures on user population the IHS
expenditure is $2741 while the total U.S. population expenditure is $7239 [37]. Due to the remoteness
of many of the IHS facilities and funding available not all IHS facilities have the capabilities to
address all the needs of the population. Contract health services (CHS) are purchased based on a
priority system. The IHS is the Payor of Last Resort which requires patients to exhaust all health care
resources available to them from private insurance, state health programs, and other federal programs
before IHS can pay through the CHS program [40].
2.2.1. Toxic Waste Storage
When conditions exist of such extreme poverty for many Native American communities they have
been approached by companies wanting to store toxic wastes on their lands. This creates hard
situations for some tribes who would like the added “income” but desire to have a safe environment
to live in. The Mescalero Apache, Prairie Island Mdewakanton, Minnesota Sioux, Skull valley
Goshutes, Lower Brule, two Alaskan native communities, Chickasaw, Sac and Fox, Eastern
Shawnee, Quassarie, Ponca. Tribes have all applied to be sites for Monitored Retrievable Storage
(MRS), a temporary solution to the problem of storing vast amounts of high-level nuclear waste [46].
The safety of these sites is still under question.
2.2.2. Radiation Exposure Compensation Act
The Radiation Exposure Compensation Act passed in 1990 and amended in 2000 [46], was set up
to make partial restitution to the people who contracted cancer and a number of other specified
diseases as a direct result of mining, mill working or their exposure to atmospheric nuclear testing
undertaken by the United States during the Cold War [6]. For miners the requirements such as
whether the miner was a smoker, how long they had worked, whether the mine(s) they were
employed in had radon exposure monitoring, medical proof of lung cancer or a nonmalignant
respiratory disease, etc. made it very difficult for the people to be accepted in the program. Many
miners were designated as smokers even though they may have only smoked the equivalent of a pack
of cigarettes over a year, in ceremonial practices which increased the WLM (working level
months—a measure of radon exposure based on Social Security work records and exposure to radon)
required to 500 unless they contracted lung cancer under age 45 then it was 300 WLM [6]. The
stringent, often impossible requirements made attaining this compensation hard for most of the
victims involved. Many of the people are still trying to be compensated.
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3. Discussion and Conclusions
The legacy of uranium procurement has left a legacy of long-lived health effects for many Native
Americans and Alaska Natives in the United States. There have been a number of studies that are
starting to address the health impacts of this legacy. The largest population and some of the most
impacted people are the tribes living in the southwestern USA, especially the Navajo. A consortium
of federal and tribal agencies reported that a five-year, $110 million project to clean up uranium
contamination in the Navajo Nation had addressed the most urgent risks there [47]. But the report
also said that in the last five years the agencies have learned much more “about the scope of the
problem and it is clear that additional work will be needed” [47]. The consortium included the U.S.
Environmental Protection Agency, the Bureau of Indian Affairs, Nuclear Regulatory Commission,
Department of Energy and Indian Health Service. The project started in 2007 to tackle the widespread
uranium contamination on Navajo lands left over from the nation’s atomic weapon production
programs. Among their accomplishments, the agencies reported that they have cleaned up nine
abandoned uranium mines, rebuilt 34 homes and replaced contaminated soil at 18 sites, many near
homes. The agencies also assessed the status of 520 mines, 240 water sources and 800 homes and
public structures, exceeding goals set in the five-year plan, the report said [48,49]. It added that
officials shut down three contaminated wells and hauled clean water to affected areas of the Navajo
Nation or started projects to pipe in water.
Another study in the Eastern Agency of the Navajo Nation in New Mexico [50], studied
environmental uranium contamination in a former mining and milling area. Despite decades of
inactivity in the mines and mills, environmental contamination was widespread, often in proximity
to homes, areas grazed by livestock, and locations frequented by children and families. The uranium
contamination in this area was predominantly in the highly soluble chemical forms that could be
spread when disturbed or by the bursts of precipitation that occur in this semiarid region at certain
times of the year [50].
The Navajo Birth Cohort Study will use Community Based Participatory Research (CBPR)
methods [51] and is a collaborative effort to better understand the relationship between uranium
exposures and early developmental delays on the Navajo Nation [52]. The five-year Study is funded
by Congress at the request of the Navajo Nation and in response to concerns expressed by women
about health impacts of living near abandoned uranium mines [53]. Partners in the Study include the
Centers for Disease Control and Prevention/Agency for Toxic Substances and Disease Registry,
Navajo Area Indian Health Service, Navajo Nation Division of Health, University of New Mexico
Community Environmental Health Program, UNM Pediatrics Department Center for Development
and Disability, and Southwest Research and Information Center [53]. Eligible women are between
the ages of 14 and 45 who have lived on the Navajo Nation for five years, are pregnant, and will
deliver at the designated hospitals in Chinle, Gallup, Shiprock, Ft. Defiance, and Tuba City [53].
This short review only provides a quick glance at the continuing legacy of long-lived health effects
for many Native American populations due to uranium procurement in the United States. The reader
is encouraged to explore some of these topics and become aware of the issues. Native American
communities, those on and near reservations, consistently experience lower health status when

166
compared with other Americans. To be able to set up medical geology studies as collaborations
within these separate nations, it is important that traditional knowledge is incorporated into the study
plans. The non-Native American exposure doses and other variables within each unique study may
underestimate necessary values within a study related to Native American communities. Without
weighting standard values differently in applied models, or considering different types of variables
in GIS and other geospatial tools, the results of the studies may not truly represent the Native
American or Alaska Native populations and the effects of the environment or toxic indicator which
is studied.
Medical Geology has been shown to be an effective tool in many applications around the world.
The sample size of many of the Native American and Alaska Native communities is small for large
statistical studies, but increased homogeneity in the small sample sizes due to cultural and traditional
values may provide good results, which can be implemented to improve health conditions of the
people involved. Funding for projects will also need to be collaborative. Working with programs like
the Tribal ecoAmbasadors Program, National Institute of Health, National Science Foundation, the
U.S. Geological Survey, IHS and Tribal colleges may yield productive studies that can be used to
help improve the overall health of these communities. The use of community-based participatory
research approaches that incorporate Native American social networks can be effective in helping to
achieve policy changes to address health issues.
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Abstract: The naturally occurring geogenic elements iodine (I), lithium (Li), and strontium (Sr)
have a beneficial effect on human health. Iodine has an essential role in human metabolism while
Li and Sr are used, respectively, as a treatment for various mental disorders and for post-menopausal
osteoporosis. The aim here is to evaluate the potential for future epidemiological investigations in
Denmark of lifelong and chronic exposure to low doses of these compounds. The drinking water
data represents approximately 45% of the annual Danish groundwater abstraction for drinking
water purposes, which supplies approximately 2.5 million persons. The spatial patterns were
studied using inverse distance weighted interpolation and cluster analysis. The exposed population
was estimated based on two datasets: (1) population density in the smallest census unit, the
parishes, and (2) geocoded addresses where at least one person is residing. We found significant
spatial variation in the exposure for all three elements, related mainly to geochemical processes.
This suggests a prospective opportunity for future epidemiological investigation of long-term
effects of I, Li, and Sr, either alone or in combinations with other geogenic elements such as Ca,
Mg or F.
Reprinted from Geosciences. Cite as: Voutchkova, D.D.; Schullehner, J.; Knudsen, N.N.;
Jørgensen, L.F.; Ersbøll, A.K.; Kristiansen, S.M.; Hansen, B. Exposure to Selected Geogenic Trace
Elements (I, Li, and Sr) from Drinking Water in Denmark. Geosciences 2015, 5, 45-66.
1. Introduction
Although most chemical elements do not occur exclusively in drinking water (DW),
exposures via DW, even at low concentrations, may have important consequences across the entire
population [1].
The three trace elements which are in focus here (I, Li, and Sr) have in common that they are
essential (I) or possibly essential (Li, Sr) for humans and are currently used as part of
pharmaceuticals or dietary supplements. Also, their concentrations in DW can vary spatially, and
lifelong exposure to different naturally occurring levels may have an impact on public health in
various ways.
1.1. Sources of I, Li, and Sr in Ground- and Drinking Water
Iodine (I) is a trace element from the halogen group and occurs in oxidation states í1, 0, +1, +3,
+4, +5, and +7 [2]. However, in the hydrogeochemical cycle, I is found in the stable inorganic
forms iodide (Ií) and iodate (IO3í), as well as in various dissolved organic iodine compounds. The
speciation data of I in Danish DW reported in [3] showed that there were six speciation
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combinations. Also, the complex spatial distribution of DW-I was attributed to differences in
geological layers, hydrogeochemical reactions, and/or treatment procedures at the waterworks [3].
Iodine concentrations in Danish groundwater are characterised by both small-scale heterogeneity
and large-scale spatial trends [4]. Voutchkova et al. [4] found that elevated groundwater-I
concentrations originate from Palaeocene and Cretaceous limestone/chalk aquifers, and saw an
association between I, Li, Ba, and Br. These elevated concentrations of I in Danish groundwater
seemed to be caused by leaching from soil, the marine origin of the aquifers, and/or saline water
influence; however, the processes governing the I concentrations were site and depth specific [5].
The lithium (Li) ion at +1 oxidation state is generally soluble and mobile in groundwater;
however, sorption onto clay minerals and zeolite occurs [2]. Lithium in groundwater may have
multiple geogenic sources. It occurs in the minerals spodumene (LiAlSi2O6) and lepidolite
(K2Li3Al4Si7O21(OH,F)3), but also in many other minerals. Pegmatite and brines especially are
strongly enriched in Li [6]. In a European study, a median value of 2.6 ȝg/L Li (min. <0.2 ȝg/L and
max. 75 ȝg/L) in tap water was found based on 579 samples from all over Europe [2]. To our
knowledge, there are no studies focusing on Li sources in Danish groundwater, except for a
baseline study, where Hinsby et al. [7] concluded that Li in Miocene aquifers was of natural origin.
Strontium (Sr) occurs in nature in the +2 oxidation state and is the 15th most abundant element
on Earth [2]. The size of the Sr2+ ion is intermediate between those of Ca2+ and K+; thus, it
substitutes them in many rock-forming minerals [2]. High concentrations of Sr in Danish
groundwater were studied by Bonnesen et al. [8], who found that Sr concentrations increased with
depth more than would be expected from diffusion of deep connate seawater alone. They
concluded that dissolution of small amounts of Sr-rich aragonite (Ca1íxSrxCO3) or equilibrium with
the Sr-rich minerals celestite (SrSO4) and strontianite (SrCO3) was the cause of elevated Sr in these
chalk formations. Ramsay [9] found a correlation between Mg and Sr, and concluded that
recrystallization of Sr-containing aragonite to pure calcite was the main cause of observed elevated
Sr concentrations in the chalk aquifers in eastern Denmark. Strontium-enriched groundwater is
hence an indicator of limited hydrogeological flushing with fresh water, as carbonate
recrystallization takes place on a millennial time scale. Strontium (together with B, Br, Cs, Ge, Li
and Rb) is especially enriched in hydrogeochemically mature groundwater [2].
1.2. Public Health and I, Li, and Sr in Drinking Water
Although there are no EU or U.S. standards for I, Li, or Sr, there are national standards for some
European countries [2]. A DW standard (maximum values) for I exists in Russia (125 ȝg/L), for Li
in both Russia and Ukraine (30 ȝg/L), and for Sr in Bosnia and Herzegovina (2 mg/L), Russia
(7 mg/L), and Ukraine (7 mg/L) (see references in [2]). The Danish DW standard is 1 mg/L for Li,
and 10 mg/L for Sr (provisional), while there is no standard for I [10].
1.2.1. Iodine
Iodine has an essential role in human metabolism [11]. Both insufficient and excessive dietary I
intake can cause health problems. Worldwide, the focus is on iodine deficiency (ID), as it is “the
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single most important preventable cause of brain damage” [12]. Lower IQ, learning capacities,
quality of life, and economic productivity are just a few of the adverse effects of severe ID [12].
Even mild ID can result in learning disabilities, poor growth and diffuse goitre in school
children [13]. ID is not confined to developing countries [14]: Zimmermann and Andersson [15]
estimated that 43.9% (n = 30.5 million) of 6–12-year-old children and 44.2% (n = 393.1 million) of
the general population in the World Health Organization (WHO) European Region have
insufficient I-intake. Denmark is amongst the 30 countries with ID status worldwide; however,
subnational surveys are used for estimating the status in Denmark, as recent nationwide ones are
lacking [16].
The recommended daily nutrient intake (RNI) for I is 150 ȝg for adults (250 ȝg at pregnancy
and lactation), 120 ȝg for 6–12-year-old children, and 90 ȝg for babies 0–59 months old [11].
Iodine in the human body originates mainly from food and DW; however, most foods (except sea
products) are naturally I low. Therefore, universal salt iodization (USI) programs have been
established in many countries, as this is the strategy officially recommended by WHO and United
Nations Children’s Fund (UNICEF) for elimination of ID worldwide [11,12]. The sustainability of
USI as an ID prevention measure depends on continuous monitoring [12], as well as its
integration/coordination with the nationwide strategies for reduction of salt consumption [17]. In
the context of the ongoing debate on how to address this issue [14,16,18,19], it is important to
focus on regional (local) differences in other I-rich products [18] such as water, milk, etc.
Generally, DW is not considered a major dietary I source, providing only 10% [20]. After the
mandatory USI was introduced in Denmark in 2001 [21], about 14% of the dietary I intake was
derived from DW and other beverages (w/o juices and milk) [22]. Before the mandatory USI this
percentage was 24%–25% [23,24]. It has been shown that local or regional geographical variation
of I in DW exists and can be important for the I intake of the population, especially in areas where
DW is of groundwater origin, as in Denmark [3,21,25] or China [26,27]. As part of our previous
study, the DW contribution to dietary I intake in Denmark was estimated to vary in different parts
of the country from 0% to above 100% (adults) or 50% (adolescents) of the RNI [3].
1.2.2. Lithium
Lithium has been used as a treatment for various mental disorders for more than 60 years. The
therapeutic doses are much higher than naturally occurring Li levels in DW and typically within a
clinical range of 300–1200 mg Li2CO3 per day [28,29]. A substantial amount of studies and
meta-analyses investigating patients with mood disorders show that Li significantly reduces suicide
mortality in both long-term and short-term treatment [30,31]. It has been hypothesised that if Li in
therapeutic doses was effective in preventing suicide in people who already suffer from a mental
illness, perhaps Li in small doses over the course of a lifetime could prevent suicide in the general
population. This idea has been investigated in several ecological studies on aggregated data. A
study from Texas, USA [32] found that counties with high Li levels in DW were associated with
significantly lower suicide rates. More recent studies from Japan [33], the U.S. [34], and
Austria [35,36]—the latter three also accounting for socioeconomic factors that are closely related
to suicide—suggest that long-term intake of small doses of Li via DW may reduce the risk of
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suicide. Another study in the east of England found no correlation between Li levels in DW and
suicide rates [37]. The biochemical mechanisms of action of Li are complex and not fully
understood. Studies suggest that Li has a direct antisuicidal effect through a reduction of
aggressivity and impulsivity, which are both associated with an increased risk of suicide [38].
1.2.3. Strontium
Osteoporosis is characterised by reduced bone mass and disruption of bone architecture,
resulting in increased bone fracture and fragility, and thereby imposing a significant burden on both
the individual and society [39]. Hernlund et al. [39] estimated, using a diagnostic criterion from
WHO, that approximately 22 million women and 5.5 million men residing in the EU in 2010 had
osteoporosis. Of these, approximately 0.28 million were from Denmark (female: 0.22 million, male:
0.06 million) [39,40]. The beneficial effects of stable Sr in the treatment of post-menopausal
osteoporosis was reported as early as in the 1950–1960s; however, perhaps because of undue
association of the stable naturally occurring isotope with the radioactive Sr isotope, those studies
did not receive sufficient attention, and the clinical use of Sr nearly ceased in the 1980s [41].
Currently, therapy for osteoporosis includes dietary supplementation of Ca and Vitamin D, in
addition to treatment with oestrogen, pharmaceutical products, or fluoride [42]. Strontium ranelate
(Sr2+ and ranelic acid) was licenced and introduced to the European market for treatment of
osteoporosis in 2004 [39].
The typical adult body burden of Sr is 0.3–0.4 g (99% in the skeleton), and the primary exposure
sources are DW, grains, leafy vegetables, and dairy products [43]. Watts and Howe [43] estimated
that the total daily intake of Sr in many parts of the world is up to 4 mg/day, with DW contributing
0.7–2 mg/day (based on 2 L daily consumption of DW with Sr concentrations of 0.34–1.1 mg/L).
However, they noted that intakes may be higher in areas where DW concentrations are higher.
Watts and Howe [43] and Agency for Toxic Substances and Disease Registry (ATSDR) [44] found
that there was not enough evidence for Sr toxicity to humans and that human data were inadequate
for setting a tolerable intake and a tolerable concentration of Sr.
The positive effects of Sr supplementation on bone have been examined in rats, monkeys, laying
hens, and humans in various studies (a few examples are given in [41,42,45]). Very few studies of
lifelong Sr exposure effects exist, as reviewed by ATSDR [44]. Dawson et al. [46] measured Sr in
DW and urine (n = 2187) in families that had been residing within their respective communities for
at least 10 years, and found a statistically significant product-moment correlation for decreased
community mortality rate (in people over 45 years old) for hypertension with heart disease.
Polyakova [47] proposed a classification dividing the Arkhangelsk region (Russia) into three zones
with different probabilities of Kashin-Beck or similar bone disease manifestation based on the
hypothesis that areas with DW characterised by Ca/Sr < 100 are coinciding with Kashin-Beck
endemic regions. Curzon [48] found an association between caries prevalence and Sr in DW for
lifelong residents in four Ohio cities, with minimum caries prevalence at DW concentrations
around 5–6 mg Sr/L. There are few indications that Sr, likely in combination with other trace
elements, such as Fí or Ba, could be beneficial to enhancing remineralisation of teeth, and hence
protection against caries (for more references see [49]). To our best knowledge, there are no
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published reports on the potential public health effects (beneficial or adverse) of long-term
exposure to different levels of naturally occurring Sr in DW in combination with Ca, F, or other
DW constituents.
1.3. Study Objectives
The general objective of this study is to evaluate the potential for future epidemiological
investigations of long-term (lifelong, chronic) exposure to low doses of three naturally occurring
compounds (I, Li, and Sr) from DW. The specific study aims are accordingly (1) to characterise the
nationwide spatial patterns of I, Li, and Sr concentrations in Danish DW and (2) to quantify the
exposure to I, Li, and Sr from Danish DW.
2. Experimental Section
2.1. Danish Public Drinking Water Supply
Denmark is a relatively small country (approximately 43,000 km2) with about 5.6 million
inhabitants. The Danish DW supply is entirely of groundwater origin. The major part of the
population is supplied by public waterworks. The reported groundwater abstraction for DW
purposes for 2010 was 397 million m3 (by 2585 public waterworks) [50]. Next to the public
waterworks, there are single wells and small waterworks (supplying <10 households), which were
estimated to supply about 0.4 million people (7%) [51].
The DW supply is highly decentralised. Sørensen and Møller [52] reported that about 72% of
the active waterworks have annual abstractions of <0.1 million m3, whereas only about 3% are
abstracting >1 million m3.
Bottled water consumption in Denmark was amongst the lowest in Europe in 2013 (22.8 L/cap
or 0.127 million m3 [53]) and below the global average (30 L/cap [54]). Thus, the major source of
potable water in Denmark is delivered by public waterworks.
Generally, Danish groundwater requires simple treatment with aeration and sand filtration only.
In the aeration step, naturally occurring gasses such as methane are removed and substituted by
oxygen. During filtration, oxidised iron and manganese are removed. A few other components
are detained in the sand filters in various magnitudes. Only 74 waterworks, producing about
50.47 million m3, use some sort of more advanced water treatment [55]. However, neither
chlorination nor ozone treatment was used in Denmark by 2012 [55].
The aquifers used for DW abstraction in Denmark are mainly unconsolidated Quaternary glacial
sand, Tertiary marine and fluvial sand or Cretaceous limestone and chalk.
2.2. Water Chemistry Data (I, Li, and Sr)
The chemical data used here is from a DW sampling campaign conducted from April to June
2013 and reported in detail in [3,56]. The samples represent treated DW from groundwater origin,
ready to be supplied to consumers (sampling point: exit waterworks). The treatment consists of
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aeration and sand filtration, except for 10.4% (n = 15) of the 144 waterworks, where a somewhat
more advanced water treatment method is used [3].
Iodine data were collected for all of the waterworks included in the study (n = 144); however,
where there were no total I measurements (n = 5), iodide (Ií) determined by Ion-exchange
chromatography (IC) was used instead. Lithium and Sr data were obtained for 139 of the locations.
The 144 waterworks abstract about 175 million m3 annually, which accounts for 45% of the total
groundwater abstraction by all public water supplies (excluding small waterworks or wells supplying
fewer than 10 households) [3]. The samples were filtered in the lab (0.45 ȝm pore size Q-max
syringe filter, Frisenette Aps, Ebeltoft, Denmark). Inductively coupled plasma mass spectrometry
(ICP-MS) was used for determining I, Li, and Sr concentrations. A short summary of I, Li, and Sr
data is presented in Table 1. Further details on the laboratory methods, sampling design and
execution, hydrogeochemical characterisation, and water treatment are provided in [3,56].
2.3. Water Supply Areas
Schullehner and Hansen [57] recently compiled a map with the water supply areas of all 2852
public waterworks in Denmark but excluding a number of very small waterworks and wells
supplying <10 households. For the purposes of our study, we have used only the areas supplied by
the 144 included waterworks (Figure 1). It should be noted that: some of the selected areas are
supplied by more than one waterworks (Figure 1) and it is possible that some of the residents in
these areas are not connected to the public water supply but get their water from a privately owned
well [57].
Table 1. Summary of the iodine, lithium, and strontium datasets (concentrations in
drinking water) used in this study.
Title
Unit
Lab method
Count (n)
Detection limit (d.l.)
<d.l. (%)
Substitution (0.5*d.l.)
Min. concentration
Max. concentration
Mean concentration
Median concentration

Iodine (I)
ȝg/L
ICP-MS *
144 *
0.2
6.25
0.1
0.1
126
13.97 *
11.25 *

Lithium (Li)
ȝg/L
ICP-MS
139
5
18.7
2.5
2.5
30.7
11.04
10.30

Strontium (Sr)
mg/L
ICP-MS
139
0.005
0
0.07
14.45
1.31
0.59

Notes: * Here Ií was used where total iodine was not measured (n = 5); IC is the method for Ií; because
these Ií measurements are included, the mean and median calculated here differ slightly from [3].
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Figure 1. Water supply areas of the waterworks included in the study (n = 144); the
areas in red, blue, green, and orange are supplied by more than one of the included
waterworks (source: map on supply areas of 2852 Danish waterworks [57]).
All selected water supply areas were assigned the water quality measurements (I, Li, and Sr) of
the waterworks by which they are supplied. The areas supplied by more than one waterworks were
assigned the average concentrations measured at the waterworks supplying the specific area
(Figure 1). The two largest cities, Copenhagen and Aarhus, are supplied with water treated by at
least 15 and nine waterworks, respectively. An effort was made to pinpoint specific parts of the
cities (neighbourhoods), which are preferentially supplied with water from one/some of these
waterworks. Previously collected data from the water supply companies (as part of two studies [3,57])
was used for this purpose. However, for parts of the cities (blue and red areas from Figure 1) this
was not possible, as the water from all these waterworks is mixed together in the water distribution
system. More precise estimations of I, Li, and Sr concentrations are possible only if water samples
are obtained at carefully selected points in the distribution system, which was not feasible for
this study.
2.4. Estimation of the Population Living in the Selected Water Supply Areas
Two datasets were used for estimating the population living in the selected areas:
1st dataset: a population density map based on the population counts in the smallest census
unit (parishes) for 2008 (further details can be found in [57]). This method yields “number of
residents” in the selected supply areas.
2nd dataset: a database including geocoded addresses with at least one registered resident from
the Danish Civil Registration System (DCRS), provided by the Centre for Integrated

178
Register-Based Research at Aarhus University (CIRRAU). This database contains one record
for each specific address (municipality, road, house number, and, if relevant, door number)
used as a residence in DCRS [58]. The DCRS was established in 1968 and has since recorded
current and historical information not only on the place of residence, but also on vital status,
gender, place and date of birth, parents, spouses, and siblings and twins for all persons living in
Denmark [59]. This information is regarded as being of very high quality and yields an
important and rare asset which can be used for epidemiological research [59]. A subset of
this database has been used here. It consists of the geocoded addresses for 2012 only
(n = 2,092,090), which are further referred to as “households”.
The number of residents (1st dataset) and the number of household addresses (2nd dataset)
within each water supply area were calculated using the geographical information system ArcMap
10.0 (Esri, Redlands, CA, USA).
2.5. Inverse Distance Weighted Interpolation and Cluster Analysis
2.5.1. Data Pretreatment
Due to skewed distributions of I and Sr concentrations, a square root transformation of I and a
logarithmic transformation of Sr were applied prior to analysis. The transformations were selected
by comparing the distribution of the transformed measurements with a normal distribution.
2.5.2. Inverse distance weighted interpolation
Inverse distance weighting (IDW) was used to estimate a density surface for each of the
elements I, Li, and Sr. This method assigns a weighted average of the neighbouring values to each
unmeasured grid cell on the map. The weight given to each observation is a function of the distance
between that observation’s location ݏ and the grid point ݏ at which the interpolation is desired.
Generally, the inverse distance interpolator is given as in Equation (1):
ܼመሺݏ ሻ ൌ

σୀଵ ɘሺݏ ሻܼሺݏ ሻ
σୀଵ ɘሺݏ ሻ

(1)

where ܼመሺݏ ሻ is the predicted value at the unsampled location ݏ and ܼሺݏ ሻ is the observed value at
the ith location within a given maximum distance for i = 1, …, n, with n being the number of
locations in the study. The weights ߱ attributed to the observations were computed as in
Equation (2):
ɘሺݏ ሻ ൌ ȁȁݏ െ ݏ ȁȁି

(2)

where ȁȁݏ െ ݏ ȁȁ is the Euclidian distance between locations ݏ and ݏ and p is an inverse distance
weighting power. The weighting power is selected in order to determine how fast the weights tend
towards zero as the distance from the grid point increases [60–62].
Grid cells of 1 × 1 km, a power of p = 2, and a maximum distance of 75 km were applied. The
density maps of I and Sr were derived using a square root and a logarithm transformation,
respectively. Back-transformed interpolated values were calculated and mapped.
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2.5.3. Cluster Analysis
A local cluster analysis was performed to investigate areas with significantly higher or lower
levels of I, Li, or Sr in the DW. I and Sr were transformed prior to the analysis. The presence,
significance, and approximate location of clusters were evaluated using spatial scan statistics
implemented by Kulldorff [63] in the software SaTScan (v9.3.1, http://www.satscan.org/). The
spatial scan statistic searches for clusters by using a search window of varying shape and size. For
each location, a test is performed, evaluating whether the mean value is significantly higher (or
lower) within the search window compared to outside. Given the continuous data, a normal
distribution was used as the probability model in which the null hypothesis was that all
observations come from the same distribution, whereas the alternative hypothesis was that there
was one cluster location where the measurements have either a larger or smaller mean than outside
that cluster. A central feature of this method is that the statistical inference is still valid, even if the
true distribution is not normal [64].
The significance of identified clusters was tested using a likelihood ratio test with a p-value
obtained using Monte Carlo simulations (999 permutations). The likelihood function is maximized
over all window locations and sizes, and the one with the maximum likelihood constitutes the most
likely cluster. An elliptic search window with a centre at the location of each waterworks was used,
allowing no geographical overlap between clusters. The maximum percentage of the measurements
to be included in a cluster was varied at 10%, 20%, 25%, 30%, and 50%, respectively. Changing
the maximum percentage of the measurements included in a cluster did not change the location and
number of clusters identified. A maximum percentage of 20% of the measurements included in a
cluster was used.
2.6. Exposure Analysis
To estimate the exposure to I, Li, and Sr from DW the following data were used: (1) water
chemistry data, which was assigned to each of the supply areas and (2) the 1st and 2nd datasets
with the number of residents and the number of households in the selected supply areas,
respectively. A schematic visualisation of the different datasets (and subsets) and the links between
them is provided in Figure 2.
It was estimated that 2,479,976 residents (about 45.3% of all residents in 2008) and 892,725
households (42.7% of all households in 2012) are supplied with DW by the 144 waterworks
analysed in this study. For the 139 waterworks where Li and Sr data are present, the number of
residents is 2,442,705 (about 44.6%) and the number of households is 874,375 (41.8%). Thus, the
exposure analysis covers close to half the population of Denmark (see Figure 1 for spatial reference).
The calculation of residents and households exposed to different levels of I, Li, and Sr are given
as a percentage of the households and population included in this study, respectively.
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Figure 2. Scheme presenting the datasets, their subsets, and the links between them
used in this study. Some of these datasets and links were prepared in previous studies
(colour coded, references: A [3], B [57], and C [58]).
3. Results and Discussion
3.1. Spatial Distribution of Drinking Water I, Li and Sr
The spatial distribution of I, Li, and Sr concentrations in treated DW of groundwater origin was
examined using IDW interpolation and cluster analysis. The IDW interpolated maps are presented
in Figure 3a,c,e. The cluster analysis identified areas with significantly high concentrations and
significantly low concentrations of each of the elements I, Li, and Sr. The number of measurements
(i.e., waterworks) in a cluster, mean concentrations inside and outside the clusters, and p-values for
the three elements are shown in Table 2. The ellipses of the significant hot and cold spots are
presented overlaying the maps with the supply areas (see Figure 3b,d,f). However, it should be kept
in mind that the cluster analyses are based on point data.
The lowest concentrations for all three elements are observed in the western part of Jylland, where
the significant cold spots of I, Li, and Sr also are located. Another similarity in the spatial patterns
is the general east-west trend: relatively higher concentrations are found in the eastern part and
lower in the western part of the country. Despite that, the spatial distribution of I, Li, and Sr also
show differences.

181

Figure 3. Iodine, lithium, and strontium in drinking water in Denmark; (a,c,e) IDW
interpolation; (b,d,f) drinking water concentrations in the selected supply areas and hot
and cold spot clusters. Note: each category represents ~20% of the observations; the
cluster analysis is based on the point data. See Section 2 for details.
An east-west trend for I concentrations in DW was reported by [25,65] and is thereafter largely
used by others. However, based on a cluster analysis of I data characterised by higher spatial
sampling resolution, Voutchkova et al. [3] concluded that there is complex spatial variation and the
east-west trend is an oversimplification. The same data as in [3] are used in the current study, while
the different analyses employed here add to our previous work; e.g., the IDW interpolated maps
(Figure 3a) visually confirm our statement about the complexity of the spatial variation. Northern
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Jylland is found to be a significant hot spot of DW-I by both the present and the previous
analysis [3]. However, due to different data pretreatment (here: square root transformation vs.
normal score transformation in [3]) and analytical method (here: spatial scan statistics vs. Local
Moran’s I in [3]), a second hot spot (Sjælland according to [3]) was not found here. The governing
factors for this complex spatial pattern have been attributed to both the geology and the
groundwater treatment procedures [3].
Table 2. Geographical clusters of high (hot spot) and low concentrations (cold spot) of
iodine, lithium, and strontium in drinking water.
Type of
Cluster
Hot spot
Iodine (ȝg/L)
Cold spot
Hot spot
Lithium (ȝg/L)
Cold spot
Hot spot
Strontium (mg/L) Cold spot
Cold spot
Element

Nmeasurements
Inside Cluster
4
26
27
27
27
27
10

Mean Concentration
Inside Cluster Outside Cluster
77.09
9.92
2.37
13.69
19.08
9.10
4.56
21.60
2.66
0.45
0.21
0.84
0.15
0.72

p-value
0.001
0.003
0.001
0.002
0.001
0.001
0.049

Of all three elements, Li is the one with the most clearly manifested east-west trend: a smooth
transition between the low (Li < 8 ȝg/L) and the high concentrations (Li > 17 ȝg/L) is
characteristic. A significant hotspot is covers parts of Sjælland and the islands to the south
(Figure 3c).
The highest Sr concentrations (>2 mg/L) are observed in the eastern part of Sjælland (covered
by the significant hot spot, too), as well as in a few locations in Jylland. The hot spot for Sr is
slightly smaller than the one for Li. Strontium is also the only element from the three which has a
second significant cold spot, located on the raised Holocene seabed in northern Jylland.
3.2. Exposure to I, Li, and Sr via Drinking Water
The exposure to different concentrations of I, Li, and Sr from treated DW (groundwater origin)
is given as percentage of exposed consumers or households from the ones included in this study,
i.e., the residents and households within each water supply area where I, Li, and Sr measurements
were available (Figure 4; see Table 3 for absolute numbers).
The largest proportion of households (h) and residents (r) in this study are exposed to I
concentrations in the range of 14–20 ȝg/L (h: 44%, r: 50%), Li concentrations in the highest range
of 17–30.7 ȝg/L (h: 33%, r: 38%), and Sr concentrations in the range of 2–14 mg/L (h: 37%, r:
42%). However, only a small proportion of the population is exposed to the highest levels of the
observed concentrations: 0.8% (h) or 0.4% (r) are exposed to Sr > 10 mg/L, which is the current
provisional DW standard in Denmark; 1.7% (h) or 1.8% (r) are exposed to Li > 25 ȝg/L; and 0.5%
(h) or 0.6% (r) are exposed to I > 50 ȝg/L. This exposure calculation takes into account the
population density for 2008 (r) or all geocoded residential addresses in 2012 (h) in the areas
supplied by the selected waterworks. Thus, it provides information on the differences in exposure
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based on the spatial variation of I, Li, and Sr in DW. The spatial distribution of DW supply areas
exposed to different levels of I, Li, and Sr is provided in Figure 3b,d,f. From the results presented
in Figure 4 (and Table 2), it can be concluded that there is a contrast in the exposure of the Danish
population to I, Li, and Sr from DW. Possible health effects of these exposure contrasts could be
studied by combining these results with data from the Danish health registers [66].

Figure 4. Proportion of households and residents exposed to different concentrations of
(a) iodine, (b) lithium, and (c) strontium. Note: the number of households and number of
residents are estimated using two different datasets (see Section 2); see Table 3 for
absolute numbers.
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Table 3. Households and residents exposed to different concentrations of iodine,
lithium, and strontium in absolute numbers (n) and in percentages (%; see also
Figure 4).
Households
n
%
<3.6 ȝg/L
140,593 15.7
3.6 to 7.8 ȝg/L
158,213 17.7
7.9 to 13.9 ȝg/L
80,677 9.0
Iodine
14.0 to 19.9 ȝg/L 396,070 44.4
20.0 to 126.0 ȝg/L 117,172 13.1
Total
892,725 100
<5.1 ȝg/L
130,954 15.0
5.1 to 8.0 ȝg/L
138,441 15.8
8.1 to 11.3 ȝg/L
109,879 12.6
Lithium
11.4 to 16.9 ȝg/L 207,907 23.8
17.0 to 30.7 ȝg/L 287,194 32.8
Total
874,375 100
<0.2 mg/L
116,284 13.3
0.20 to 0.39 mg/L 84,145 9.6
0.40 to 0.79 mg/L 250,705 28.7
Strontium
0.80 to 1.99 mg/L 103,087 11.8
2.00 to 14.45 mg/L 320,154 36.6
Total
874,375 100
Element

Concentration

Residents
n
%
356,533 14.4
388,008 15.6
201,478
8.1
1,250,457 50.4
283,500 11.4
2,479,976 100
332,613 13.6
335,875 13.8
277,078 11.3
556,759 22.8
940,380 38.5
2,442,705 100
300,856 12.3
199,114
8.2
654,183 26.8
272,128 11.1
1,016,424 41.6
2,442,705 100

3.3. Discussion
The spatial variation of I concentrations in Danish groundwater is characterised both by a
large-scale east-west trend [4] and by small-scale variation [4,5]. This is also clearly reflected in
the geographical trend of the treated DW-I, which was shown here and in [3]. The elevated I
concentrations in Danish DW and groundwater were found to be associated mainly with the
Palaeocene to Cretaceous limestone or chalk and postglacial marine-sand aquifers [3–5].
There is limited information about the Li content in Quaternary and Tertiary deposits [7], and
especially about the geochemical processes governing the release of Li to groundwater. Lithium is
strongly enriched in ocean water compared to freshwater, and in brines. This may lead to the
hypothesis that Danish aquifers of marine origin are Li enriched compared to those of glacial and
fluvial origin. Moreover, an association between I and Li pointing at saline water influence was
found based on Danish historical groundwater data [4].
Strontium concentrations in Danish DW seem to be similar to average concentrations in U.S.
streams (between 0.5 and 1.5 mg/L) but higher than average Sr concentrations in U.S. groundwater
(<0.5 mg/L) as reported by ATSDR [44]. The hot-spot location supports the regional findings by
Ramsay [9] that local differences in the pre-Quaternary chalk and limestone aquifer geology and
hydrogeology are responsible for elevated Sr concentrations in present-day groundwater. However,
the lower Sr concentrations in DW (western part of Denmark) are most probably governed by the
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relatively constant contributions from the weathering of Sr-poor silicates in the soil, which is strongly
dependent on texture and mineralogy, and from the dissolution of Sr-poor carbonates at the
acidification front.
The significant spatial difference in the concentrations of I, Li, and Sr in Danish DW results in
varying human exposure to these elements. Therefore, there is great potential for future
epidemiological investigations of the long-term (lifelong, chronic) exposure to low doses of the
three selected naturally occurring compounds from DW. In addition to exposure to a single element,
there is a potential for studying the effects related to a combination of these and additional elements.
For example, in a project from Norway, nationwide data on municipal DW was combined
with data on all registered treated hip fractures to study whether Ca and Mg have a protective
function [67]. Corresponding studies based on Sr in a single exposure or in combination with Ca,
Mg, or Fí in Danish DW, residential history and the various nationwide registers on health and social
issues [66] can be conducted. The spatial distribution of Sr in Danish DW resembles somewhat the
spatial distribution of Fí [68] and Ca and Mg [69]. Hence, this first prospective data analysis
reveals a large potential for future nationwide public health studies, especially if Sr in DW is
combined with Ca, Mg, and F. Findings relating Sr in DW to life-long health, as reported by
Curzon [48] and Dawson et al. [46] on hypertension and caries, could most likely be improved
considerably with such a multi-element approach, as Sr is closely related to Ca incorporation in
human bones [42].
Similarly, an epidemiological investigation can elucidate whether the observed spatial
differentiation in exposure to I from DW (see also [3]) influences the health status of the Danish
population. The DCRS yields the unique possibility to connect past exposure of mothers (e.g.,
during pregnancy) to I from DW with the health status of their children in order to explore, whether
the observed spatial differences in DW-I affect the children’s performance (e.g., physical and
mental development).
With respect to Li, there is currently an ongoing nationwide study conducted at the National
Institute of Public Health (University of Southern Denmark, Copenhagen, Denmark) using
geospatial methods to investigate whether long-term intake of naturally occurring low doses of Li
in DW is protective against suicide, when accounting for socioeconomic as well as other factors.
The presented exposure analysis is based on water chemistry data from a single point in time.
There is only limited data on the temporal variability of the studied geogenic elements in both
treated DW and groundwater in Denmark. A comparison between the Li data used here and other,
previously unreported Li measurements can be seen in Figure 5a, showing that the Li levels are
similar even though the analytical methods (ICP-MS vs. Atomic absorption spectroscopy (AAS))
and the sampling dates differ (2013 vs. 2009–2010).
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Figure 5. (a) Lithium concentrations in untreated mixed groundwater from well sites
(black dots) at seven waterworks in the Copenhagen area and in treated drinking water
(data from two studies are used: a the ICP-MS data reported here and in [3] (red +),
b
unreported AAS data provided by the waterworks (blue +; see Supplementary
materials for further detail). (b) Comparison between I concentrations in drinking water
(red +) and untreated groundwater from wells (black dots) of five waterworks located in
Jylland (c data from 2012 reported in [70]).
These results imply that the Li concentration in DW at the given waterworks can be assumed to
be stable over time. Another interesting aspect is that most of the large waterworks extract water
from many wells, often grouped in well sites. As there are differences in I, Li, and Sr
concentrations in the abstracted groundwater (Figure 5a, black dots), abstraction volumes and
pumping strategies will govern the resulting concentrations in the treated DW. An illustration of
the differences in Li concentrations in mixed groundwater at/between the well sites of seven
waterworks in the Copenhagen area and the Li concentrations in treated DW at these waterworks is
also presented in Figure 5a. Further, the results imply that there is no Li removal or enrichment
during the treatment. A similar comparison between groundwater and treated DW is made for I at
five waterworks located in Jylland (Figure 5b) based on the 2012 data reported in [70]. This
comparison implies that at least at some waterworks, I can be partially removed by treatment (DWI is lower than the groundwater-I concentrations). The issue of the effect of treatment and the
temporal variation of the I concentrations in DW is further discussed in [3]. To our best knowledge,
no such analysis exists on Sr in Danish DW or groundwater.
Another limitation of this exposure analysis (or future epidemiological studies based on these
data) is that some misclassification could have occurred, as some of the households/residents
included here may be supplied by private wells. There is also uncertainty associated with the
concentrations in the supply areas where more than one waterworks distributes DW to the
consumers (see Figure 1). Yet another issue is connected to the fact that we used I, Li, and Sr
concentrations in DW at the exit of the waterworks but not much is known about whether these
elements are involved in chemical processes in the distribution system before the DW reaches the
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consumer. Further investigations are needed in order to evaluate the effect of these
misclassifications and/or uncertainties.
Last but not least, some limitations with respect to the exposure levels are due to the data on
geographical location of the residency addresses. For the purposes of carrying out an
epidemiological study on possible health effects, it is important to take the residential history of
each studied individual into account. This is possible using the DCRS database. However, the
exposure estimation will still be associated with uncertainty due to e.g., individuals commuting to
areas with different exposure characteristics. Data from Statistics Denmark for 2013 shows that
470,950 people or about 31% of the employed Danish population commute less than 5 km, whereas
about 7.6% commute more than 50 km (202,289 people).
4. Conclusions
This study revealed significant spatial variations in I, Li, and Sr concentrations in Danish DW
representing approximately 45% of the annual groundwater abstraction for DW purposes. A
general east-west trend of relatively high concentrations in the eastern part and lower ones in the
western part of the country was observed. However, there are element-specific smaller-scale
differences, so the general trend should be interpreted cautiously. The exposure to different I (Li,
Sr) levels covers about 45.3% (44.6%) of all residents (2008) and 42.7% (41.8%) of all households
(2012) that were supplied with DW by the investigated waterworks (I: 144; Sr and Li: 139). The
spatial distribution of I, Li, and Sr in DW results in an exposure contrast of these elements. The
largest part of the population (about 40%) is exposed to 14–20 ȝg I/L, 17–30.7 ȝg Li/L, and
2–14 mg Sr/L. The rest of the population covered here is exposed to both higher and lower I
concentrations from DW. For Li and Sr, this range is at the upper end of the observed
concentrations; thus the rest of the population is exposed only to lower Li and Sr concentrations in
DW. The results presented here show that there is a great potential for future epidemiological
studies on the long-term (lifelong, chronic) effects of exposure to I, Li, and Sr from DW as single
elements. Additionally, it is also possible to include other relevant elements.
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Potential Health Risks from Uranium in Home Well Water:
An Investigation by the Apsaalooke (Crow) Tribal
Research Group
Margaret J. Eggers, Anita L. Moore-Nall, John T. Doyle, Myra J. Lefthand, Sara L. Young,
Ada L. Bends, Crow Environmental Health Steering Committee and Anne K. Camper
Abstract: Exposure to uranium can damage kidneys, increase long term risks of various cancers, and
cause developmental and reproductive effects. Historically, home well water in Montana has not
been tested for uranium. Data for the Crow Reservation from the United States Geological
Survey (USGS) National Uranium Resource Evaluation (NURE) database showed that water from
34 of 189 wells tested had uranium over the Environmental Protection Agency (EPA) Maximum
Contaminant Level (MCL) of 30 ȝg/L for drinking water. Therefore the Crow Water Quality Project
included uranium in its tests of home well water. Volunteers had their well water tested and completed
a survey about their well water use. More than 2/3 of the 97 wells sampled had detectable uranium; 6.3%
exceeded the MCL of 30 ȝg/L. Wells downgradient from the uranium-bearing formations in the
mountains were at highest risk. About half of all Crow families rely on home wells; 80% of these
families consume their well water. An explanation of test results; associated health risks and water
treatment options were provided to participating homeowners. The project is a community-based
participatory research initiative of Little Big Horn College; the Crow Tribe; the Apsaalooke Water
and Wastewater Authority; the local Indian Health Service Hospital and other local stakeholders;
with support from academic partners at Montana State University (MSU) Bozeman.
Reprinted from Geosciences. Cite as: Eggers, M.J.; Moore-Nall, A.L.; Doyle, J.T.; Lefthand, M.J.;
Young, S.L.; Bends, A.L.; Environmental, C.; Health Steering Committee and Camper, A.K.
Potential Health Risks from Uranium in Home Well Water: An Investigation by the Apsaalooke
(Crow) Tribal Research Group. Geosciences 2015, 5, 67-94.
1. Introduction
Uranium contamination of groundwater is being increasingly recognized as a health threat to rural
residents relying on home wells for their drinking water, not only in communities with a legacy of
mining [1], but also where naturally occurring uranium is the source of contamination [2–5].
However, most of the key studies of health effects from drinking uranium contaminated water have
been conducted in other countries [4,6–8]. In the United States, naturally occurring elevated uranium
in groundwater has been identified as a widespread issue in Western states, as well as in scattered
locations in Eastern states [2,9]. Native Americans in the Colorado Plateau area have been
particularly impacted [10]. A recent comprehensive survey of well water contaminants conducted by
the U.S. Geological Survey found that 1.7% of home wells tested nationwide exceeded the
Environmental Protection Agency (EPA) Maximum Contaminant Level (MCL) for uranium
contamination [11] and highlighted the need for data on well water consumption by rural residents.
In this study, the Crow Tribal community in Montana recognized the potential for uranium contamination

195
of their home wells, tested wells for inorganic and microbial contamination, simultaneously
conducted surveys of well water use and treatment, assessed the risk of exposure to waterborne
contaminants and conducted outreach to educate rural residents of the health risks of consuming
contaminated well water.
1.1. The Crow Reservation
The Crow Reservation in south-central Montana is home to the Apsaálooke (Crow) people, and
encompasses 2.3 million acres in the center of the Tribe’s original homelands. Of the Tribe’s
approximate enrollment of 11,000 people, 7900 live on the Reservation [12]. The Reservation is rich
in water resources, including the Little Bighorn River, Bighorn River, Pryor Creek and their
tributaries, fed by the Wolf, Big Horn and Pryor Mountain ranges. The Apsaálooke people still
maintain their language, ceremonial practices, and relationships to the rivers, springs and other
natural resources. Water as a “giver of life,” an “essence of life,” has always been held in high respect
by the Apsaálooke people and considered a source for health; water continues to be a sacred resource
essential to many prayers, ceremonies and other traditional practices [13–15]. Water
contamination—even well water contamination—has additional, unique impacts in Native American
communities due to traditional values and practices [15]. Therefore, this project is a relevant case
study for understanding health risks from water contamination in rural Native American communities.
Like many other tribes and minority communities, the Apsaálooke people also face health
disparities and economic hardships which increase vulnerability to environmental contamination.
Statistics for Big Horn County give some idea of the health status of the Reservation, as 64% of the
county’s land base is within the Reservation’s boundaries and 66% of the county’s population is
Native American [16]. In a comprehensive and thoroughly cited analysis of county health and
socioeconomic status, the local Community Health Center describes the confluence of: (1) disparities
in physical health; (2) disparities in mental health; (3) an ongoing cycle of poverty [17]; and
(4) inadequate health care, as combining to contribute to health disparities [18]. These include an
elevated infant mortality rate [19] cited in [18], a much higher age-adjusted death rate ([20,21], cited
in [18]), and a twenty year lower life expectancy for Native Americans compared to Caucasian
residents of the county [19] cited in [18].
One health statistic relevant to uranium contamination of well water is the high diabetes
prevalence rate of 12.1% in Big Horn County, compared to 6.2% statewide. In a survey of 400 Crow
Tribal members, diabetes was named as top local health disparity [22]. The impacts of this chronic
disease on health are also elevated: the hospitalization rate for diabetes is 246.3 per 100,000,
compared to 115.4 per 100,000 in Montana and 180.2 per 100,000 nationwide [23] cited in [18]. The
death rate from diabetes is nearly twice the statewide rate (50.1 per 100,000 compared to 27.1 per
100,000 in Montana) and 143% of the national rate [24] cited in [18].
For rural Reservation residents, the challenge of obtaining safe, palatable drinking water is
relatively new. Traditionally, people lived near rivers and springs, used this water for domestic
purposes, knew they needed water to survive and kept these sources clean. Crow Elders reflect that
there used to be a level of trust that the rivers and springs were clean. Until the 1960s, many families
on the Crow Reservation hauled river water for home use, a practice most of the Tribal co-authors
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remember from their childhoods. At that time, agriculture was expanding and river water quality
visibly deteriorating; wells and indoor plumbing finally became available and rural families switched
to piped home well water. In many parts of the Reservation, this was a hardship, not a blessing: the
groundwater tapped for home wells was high in total dissolved solids, including so much sulfate,
iron and manganese that it was undrinkable [25]. Widespread high alkalinity and excessive hardness
resulted in scaling that ruined pipes and hot water heaters. There was no community education on
how to protect one’s well water or maintain and repair wells, plumbing and septic systems.
Today, about half of all local families rely on home well water [11]. In many parts of the
Reservation, well water quality is poor, but is still used for drinking and/or cooking. Community
members, increasingly concerned about potential health effects from their poor quality drinking
water, partnered with Little Big Horn College and Montana State University Bozeman to tackle both
well and river water contamination issues. Forming the Crow Environmental Health Steering
Committee (CEHSC) in 2006, the partners initiated the Crow Water Quality Project and have been
working together ever since to improve the health of Crow community members by assessing,
communicating and mitigating the risks from local waterborne contaminants [13]. The CEHSC and
their academic partners secured funding to assess waterborne contaminants through a free “full
domestic analysis” of home well water to local residents who volunteered to participate. On learning
from co-author geologist Moore-Nall that the United States Geological Survey (USGS) National
Uranium Resource Evaluation (NURE) database showed 34 out of 189 wells tested had uranium
concentrations exceeding the EPA MCL [26], and knowing about the old uranium mines in the Pryor
and Bighorn Mountains adjacent to the reservation, the CEHSC added uranium to its home well
water testing parameters.
1.2. Study Area
1.2.1. Physiography and Geology
The Crow Indian Reservation (Figure 1) lies within the unglaciated portion of the Missouri
Plateau, a subdivision of the Great Plains physiographic province [27]. The Missouri Plateau on the
Crow Reservation is described as a mature landscape consisting of flat to rolling plains dissected by
rivers with scattered isolated mountains [28]. Elevations range from about 2822 m (9257 feet) in the
Bighorn Mountains to about 884 m (2900 feet) at the confluence of the Bighorn and Little Bighorn
Rivers at Hardin. The towns of Billings and Hardin, Montana, are near the northern edge of the
reservation, and the Montana-Wyoming border forms much of the southern edge. The reservation
includes about 9324 km2 (3600 mi2) in the Big Horn and southeastern part of Yellowstone
Counties, Montana [29]. The reservation is approximately 129 km (80 mi) wide and 85 km (53 mi)
north to south.
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Figure 1. Study area, showing the Crow Reservation (outlined by the red and black
border). Hydrologic basins (HB) for the major drainages, mountain ranges and the
location of the two abandoned uranium mining districts southwest of the reservation are
shown. The Bighorn/Yellowstone County line is delineated in yellow.
1.2.2. Drainages
Three rivers create two major valleys and the natural divisions between the three mountainous
areas of the reservation. On the northwest side of the reservation Pryor Creek is the main drainage
which flows northwest through the Pryor mountains and then changes and flows to the northeast.
The Bighorn River flows northeast from the southwestern edge of the reservation and defines the
boundary between Carbon and Bighorn counties. The Little Bighorn River flows north across the
reservation joining the Bighorn River at Hardin. All three drainages are tributary to the Yellowstone
River [30]. The Tullock Creek drainage flows north joining the Bighorn. Drainage from the western
half of the coal producing area on the reservation (Wolf/Rosebud mountainous area) flows into the
Little Bighorn River. Drainage from the northeastern portion of the area is collected by the Rosebud
Creek drainage system and flows east into the Tongue River [31]. The alluvial low lands located
along the Bighorn River and Little Bighorn River are where uranium was found to exceed EPA’s
MCL in some tested home wells.
1.2.3. Mountain Ranges
The mountain ranges on the Crow Reservation include the Bighorn and the Pryor Mountains
which are an outlying portion of the Rocky Mountains, to the southwest, and the Wolf/Rosebud
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Mountains on the east. The northern end of the Bighorn range extends from north-central Wyoming
into the southwestern corner of the reservation. The Dryhead-Garvin Basin, a flat floored syncline
separates the northern Bighorn Mountains and the east side of the Pryors [32]. The northern portion
of the Bighorn range ends in the canyon of the Bighorn River (Figure 2) just southeast of the Pryor
Range. These ranges host two abandoned uranium mining districts [33–36] which border the
reservation. These mining districts operated from about 1956 to the early 1980’s [34]. The east side
of the reservation is flanked by the Wolf and Rosebud Mountains. A narrow divide that separates the
Davis Creek and Rosebud Creek drainages, separates the Wolf Mountains from the Rosebud
Mountains to the north. These mountains are highly dissected with numerous outcroppings of Eocene
Wasatch Formation and Paleocene Fort Union Formation coal deposits [27].

Figure 2. Northern portion of the Bighorn Mountains and the Bighorn River.
1.2.4. Geologic Setting
The geologic setting of the Crow Reservation includes the west flank of the Powder River basin,
a northwest-trending synclinal feature at least 400 km long and as much as 160 km wide in eastern
Wyoming and southeastern Montana; the south flank of the Bull Creek syncline, a large east-trending
fold in central Montana; and the northern parts of the Bighorn and Pryor uplifts [37]. These features,
and many subsidiary folds and faults associated with them, were formed in early Tertiary time [38]
and account for the distribution of rock units in the reservation.
The geologic formations exposed at the surface on the Crow Reservation range from Cambrian
units in the Big Horn Canyon to the younger Tertiary units on the eastern flank of the reservation [38]
(Figure 3). With the exception of small structural fluctuations, the beds gently dip easterly. In general,
erosion has exposed each geologic formation at or near the surface in a series of stacked
inclined formations progressing from older beds on the west to younger beds on east side of the
reservation [27]. The youngest exposed rocks, exclusive of surficial stream terrace deposits and
alluvium, are the Tertiary Wasatch and Fort Union Formations which lie east of the Little Bighorn
River on the flank of the Powder River basin in the Wolf Mountains [31].
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Figure 3. Geologic map of the reservation, showing locations of old uranium mines.
1.2.5. Description of the Uranium Mining Districts
An area spanning from the Big Pryor Mountain Mining District, in Montana to the Little Mountain
Mining District in Wyoming has been prospected for uranium and other radioactive minerals since
1956 [34,35,39]. The Mississippian Madison Limestone outcrops extensively throughout the area. A
paleokarst horizon in the top 58–73 m is the main zone for mineralization [35] (p. 1). Relatively
small, high-grade (median grades of 0.26% U3O8, 0.23% V2O5) deposits in Montana and Wyoming
combined, produced 133,810 kg (295,000 lb) of triuranium octoxide (U3O8) and 106,594 kg (235,000 lb)
of vanadium oxide (V2O5) during 1956–1964 [35] (p. 1). The Madison displays zones of extensive
brecciation that are both discordant and concordant to bedding. The upper 60 m of the Madison
Limestone are characterized by “solution cavities” along bedding planes, fractures and joints; angular
limestone fragments of variable size (from several centimeters to a meter or more across) have filled
the cavities, in addition to reddish clay silt from the overlying Amsden Formation and
cryptocrystalline silica [34]. Uranium and vanadium minerals are also concentrated in the solution
cavities and at the Madison-Amsden contact.
In addition to being stratigraphically localized, the uranium deposits in the area of Red Pryor
Mountain show a structural relationship to a zone of fractures that trend N 65° W, on a trend that
includes the East Pryor and Little Mountain group of mines [34] (p. 12); mineralization appears to
be enhanced where northwest-striking fractures intersect the crest of a large south-plunging
anticline [34]. Furthermore, the alignment of mines (Old Glory, Sandra, Lisbon, Dandy, and Swamp
Frog) on the Red Pryor quadrangle is spatially coincident with a reverse fault in the basement that
subtends the south-plunging anticline [36]. Deposits in the Little Mountain Mining district of
Wyoming occur in the same stratigraphic units, within collapse breccia features and with the same
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ore minerals. Principal ore minerals are the calcium uranyl vanadates tyuyamunite and
metatyuyamunite [34,35,38].
1.3. Uranium
Uranium is a very dense, radioactive metal. Of its three naturally occurring isotopes, U-238 is the
most common, constituting more than 99% of natural uranium by mass. U4+ in uraninite and other
minerals undergoes oxidative weathering, forming highly soluble U6+. In this oxidized form, it is easily
transported in groundwater and is found in rivers and lakes [40]. As a radioactive element, U-238 has a
decay chain which includes radium-226, the gas radon-222, polonium-210 and finally, the stable
nuclide lead-206 (Figure 4).
uranium-238
4,500,000 years

radium-226
radon-222
3.8 days

1602 years

radon-222
3.8 days

polonium-210
138 days

lead-206
stable nuclide

Figure 4. Greatly simplified Uranium-238 decay series showing radioactive decay
products discussed in this report (adapted from [41]).
1.3.1. Uranium and Human Health
Uranium, a radionuclide which emits primarily alpha particles, has a variety of associated health
risks. Although most of the uranium and daughter products consumed in drinking and cooking water
are eliminated by the body, small amounts are absorbed from the digestive tract and enter the
bloodstream. Uranium in the bloodstream is filtered by and deposited in the kidneys, where it targets
the proximal tubules [42]. Uranium exposure has been found to be positively associated with
cytotoxicity biomarkers: increases in urinary albumin [8], glucose and calcium [2], ȕ2-microglobulin
and alkaline phosphatase [6]. Absorbed uranium not excreted via urine, accumulates primarily in the
skeleton and kidney [4,43]. Exposure can increase cancer risk and lead to liver damage [44].
Additional documented health outcomes of concern include effects on the brain, diminished bone
growth, DNA damage and developmental and reproductive effects [45,46]. The health risks from
uranium in drinking water are greatest for infants and young children, who can suffer lasting damage
from exposure at critical times in their growth [47]. Drinking and cooking with uranium
contaminated water is the primary route of exposure to uranium in well water, as absorption through
skin is minimal [48].
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1.3.2. Uranium in Well Water
Historically, home well water in Montana has not been tested for uranium [48]. By 2009, more
than 600 wells had been drilled by the Indian Health Service for Crow Tribal members on the
Reservation, but uranium was almost never included in the analysis. When the Crow Water Quality
Project began home well water testing, and even now, a “full domestic analysis” of home well water
through Montana’s Well Educated Program at the nearest EPA certified laboratory does not include
testing for uranium or any other radionuclide [49].
In 2009, the National Water Quality Assessment Program of the U.S. Geological Survey published
the groundbreaking “Quality of Water from Domestic Wells in Principal Aquifers of the United
States, 1991–2004”. Sampling of domestic wells in 30 of the 60 principal aquifers found that 1.7% of
wells exceeded the Environmental Protection Agency’s Maximum Contaminant Limit (MCL) of 30 g/L
for uranium [11].
USGS National Uranium Resource Evaluation (NURE) collected well water data in 1976–1979
on the Crow Reservation. Almost all the samples were filtered, acidified then analyzed for uranium
at the Department of Energy’s Los Alamos Scientific Laboratory in New Mexico, using fluorescence
spectroscopy, methods LA6-FL, OR9-FL, with a detection limit of 0.5 g/L. Well use was not
recorded, except for six records which mention “livestock well.” Nearly all the samples list
“agriculture” or “none” as potential contaminant sources. 34 of 189 of these tested wells, or 18%,
had uranium over the EPA regulated limit of 30 ȝg/L for drinking water. Eighteen of these 34 wells
were in the lower Bighorn hydrological basin (HB), 14 were in the Little Bighorn HB, and only one
was in the Pryor HB [26].
More recently, testing by the USGS in southwestern Montana found that 14.1% of 128 wells
exceeded the MCL for uranium, while 29% exceeded the drinking water standard for uranium, radon,
radium 226, radium 228 and/or alpha or beta particles [50]. Although this sampling was done in
counties some 240 km (150 mi) west of the Reservation, these data illustrate that sampling for
uranium alone could substantially underestimate the health risks from radionuclides in well water as
decay products of uranium can also be present.
The presence of uranium and/or other radionuclides in well water alone is not sufficient to determine
whether health risks exist. As the USGS noted, “Improved information is needed on the number of
people consuming water from domestic wells in specific regions and aquifers… Such information is
essential for evaluating the potential human health implications and possible mitigation
approaches.” [11].
2. Methods
This research addresses the limitations of previous well water quality studies by combining well
water testing for uranium and other analytes, with homeowner surveys and secondary health and
economic data. These methods have provided data on well water consumption, well and septic
system maintenance practices and economic factors limiting well water treatment, which in
conjunction with well water quality data, enable better assessment of health risks from well
water contamination.
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2.1. Community-Based Participatory Research
The collaboration follows the principles of community-based participatory research (CBPR),
which has been defined as, “a partnership approach to research that equitably involves, for example,
community members, organizational representatives, and researchers in all aspects of the research
process and in which all partners contribute expertise and share decision making and
ownership” [51]. The Crow Environmental Health Steering Committee (CEHSC) members, all of
whom are Crow Tribal members, meet about ten times a year with academic partners who serve as
non-voting Committee members. The CEHSC members guide, actively participate in and contribute
vital local environmental, health, social and cultural expertise to the research. The local Project
Coordinator, with various interning Little Big Horn College science majors and a Montana State
University (MSU) graduate student, all Tribal members, conducted nearly all the well water
sampling, survey work and follow-up visits with participating families. The data management and
statistical analysis were conducted by a non-Tribal academic partner; the geology expertise was
provided by a Crow graduate student at MSU, who also took the lead on the geographic information
system (GIS) maps (ArcMap™ 10.2.1, ESRI ©, Redlands, CA, USA). CEHSC members and
academic partners including Crow graduate students co-presented project results locally, regionally
and nationally, and collaborated on this publication. Applying CBPR principles to risk assessment
research as well as risk communication and risk mitigation is an effective way to reduce health
disparities in Crow Reservation communities. This approach has been found to be effective in other
Tribal communities addressing environmental health issues [15], as well as internationally with
communities experiencing environmental health disparities [52].
2.2. Volunteer Recruitment and Participation
Based on USGS, U.S. census and project data, it is estimated that 970 Crow families in Big Horn
County use home wells. The northwest corner of the Reservation is in Yellowstone County, constituting
about 10% of the Reservation’s acreage; approximately 50 Crow families live in this region. Including
both Counties, at least 1020 Crow families living on the Reservation rely on home wells for their domestic
water supply.
In 2008 an Institutional Review Board approved a survey that covered treatment and uses of home
well water; well water taste, color and odor; other sources of water for domestic, traditional and
recreational uses; well and septic system knowledge and maintenance practices; potential sources of
well water contamination and other factors. The survey drew from comprehensive environmental
health surveys used in other studies [53,54] as well as on co-authors’ knowledge of local conditions
and practices, and was edited by two Crow CEHSC members with graduate degrees in social science
disciplines and lifetime knowledge of Crow Reservation communities.
Beginning in 2009, participants were recruited from throughout the Reservation. Random
sampling was ruled out from the very beginning by the CEHSC as culturally inappropriate and hence
ineffective. Flyers were posted in public locations, ads were placed in the local papers, staff set up
tables at community health fairs and other events, and all involved recruited through word of mouth.
Personal recruiting through friends, family and social networks proved to be by far the most effective
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strategy. The local project coordinator, a Tribal member, met each volunteer at their home, explained
the project, answered questions and collected the water samples for microbial and chemical analyses.
Participants chose either to complete the survey on their own, or completed it with the project
coordinator. Each received a free comprehensive domestic analysis of their well water, a stipend and
a follow up explanation of their well test results and treatment options. Recruitment was capped at
150 participants due to budget and time limitations and as this was a sufficient sample for analysis.
2.3. Sample Collection and Analysis
Water samples were collected from the home’s kitchen tap. In the rare cases where the homeowner
had installed a water treatment device, untreated water was collected from another point in the
plumbing system or not included in the analysis. Water temperature, conductivity and pH were
measured on site. Samples were placed on ice and delivered in less than 24 hours (usually within the
same day) to Energy Laboratories, an EPA certified lab in Billings, Montana for a full domestic
analysis on each water sample that included physical properties (total dissolved solids (TDS),
conductivity, corrosivity and pH); inorganics (alkalinity, bicarbonate, carbonate, chloride, sulfate,
fluoride, nitrate + nitrite as N, hardness as CaCO3 and sodium absorption ratio (SAR)); and metals
(aluminum, arsenic, cadmium, calcium, chromium, iron, lead, magnesium, manganese, potassium,
sodium and zinc). Corrosivity, hardness and SAR were calculated, all other analyte values including
TDS were measured.
After about 50 wells had been tested, geologist and Crow Tribal member Anita Moore-Nall
suggested adding testing for total uranium, an element not part of the Montana Well Educated
Program’s “full domestic analysis” [49]. Total dissolved uranium was included as an analyte in all
subsequent wells tested, 97 in total, utilizing EPA Method E200.8 [55] per the recommendation of
Energy Laboratories. The reporting limit for uranium with this method was 1 ȝg/L. (Energy
Laboratories has been accredited by the National Environmental Laboratory Accreditation Program
since 2001. Their quality assurance (QA) procedures, including how the Lab estimates method
accuracy, are provided in their QA manual [56].
The decision was made not to return to homes previously sampled just to test for uranium, for
several reasons. Most participants worked away from home during normal business hours, making
sampling difficult; homes were as far as 120 km (75 mi) from our base of operation at Little Big
Horn College, so each home visit was expensive. Given limited budget and staff time, the decision
was made to limit uranium sampling to new participants, to maximize the number of families the
project could serve.
2.4. Data Entry and Analysis
Mapping the spatial distribution of well water contaminants is vital for risk assessment,
communication and mitigation. A GIS map was prepared to show both spatial patterns and the
considerable variability in uranium contaminant levels even among neighboring wells. In the GIS a
point and polygon overlay was used to look at well data and elements present in the wells and surface
water samples and stream sediment samples from the National Uranium Resource Evaluation
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(NURE) Hydrogeochemical and Stream Sediment Reconnaissance (HSSR) Program’s data base for
Montana and Wyoming [26]. Additional water quality data was obtained and added to the GIS from
the Montana Bureau of Mines and Geology’s Ground Water Information Center (GWIC) [57], the
Montana Natural Resources Information System [58], Natural Resource Conservation Service’s Data
Gateway [59], the University of Wyoming’s Water Resources Data System [60], the Wyoming
Geographic Information Center [61], USGS Water Quality Data for Wyoming [62] and the USGS
National Geochemical Database Reformatted Data for Montana and Wyoming [63]. Data from all
97 wells tested for uranium by the Crow Water Quality Project was then entered into MS Excel™
and added to the GIS.
Well water contamination was also examined spatially using watershed boundaries, as each
watershed has distinctive water contamination issues. The Reservation’s three main river valleys,
from west to east, are Pryor Creek, the Bighorn River and the Little Bighorn River, all of which flow
south to north, separated by mountain ranges (Figure 1). Crow settlements have traditionally been
along the rivers and creeks, and that pattern continues today. Histograms of uranium concentrations
in well water were plotted for each watershed, and the respective means and standard deviations were
calculated, using Excel 2013.
As shown in Figure 5 (below), the traditional “Districts” of the Reservation correspond to
watersheds, with the exception that the “Black Lodge District” encompasses portions of both the
Bighorn and Little Bighorn River watersheds. Districts are well understood geographic, social and
political regions of the Reservation, hence their utility for communicating risk.

Figure 5. Maps of the Crow Reservation, showing location within Montana and major
rivers, towns and traditional districts of the Reservation.
Contaminant concentrations were log transformed to improve normality. Correlations between or
among contaminants (e.g., uranium concentration and TDS) were analyzed using regression (for two
contaminants) or multiple regression (for three or more contaminants), utilizing IBM SPSS™ Statistics
22 (IBM, Armonk, NY, USA). Surveys were completed by one hundred ninety-seven participants
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from 165 households. These data were entered into MS Access™ and subsequently analyzed using
IBM SPSS™ Statistics 22. Comparisons of categorical variables were made using chi square (“crosstabs” in SPSS). Comparisons of contaminant concentrations across categorical variables—such as
uranium vs. water use group—were conducted with analysis of variance (ANOVA). When SPSS
calculated that there was significantly unequal variance between contaminant concentration
distributions, a non-parametric test (Dunnett T3) was used.
2.5. Risk Communication
Methods included risk communication and risk mitigation in addition to risk assessment. Well
owners received a spreadsheet comparing their well water contaminant concentrations, including
uranium, with EPA’s primary and secondary standards, along with an individualized letter reviewing
and explaining their well water test results. Follow up in person visits with as many well owners as
could be reached were conducted in 2012–2013.
Ongoing project results, including the GIS maps of uranium and other well water contaminants,
were discussed regularly at meetings of the CEHSC, and were presented to the Crow Tribe’s Water
Resources staff, the Pryor 107 Elders Committee, Messengers for Health and to the community at
large through at least one open house a year. Copies of GIS maps showing the spatial distribution of
each contaminant were also provided to the Environmental Health Department of the local Indian
Health Service Hospital, which contracts to drill wells for well owners. A poster displaying these
maps and explaining the health risks was prepared and is being displayed at local health fairs and in
the project office in Crow Agency.
Project data were provided to the Crow Tribe at the request of the Tribal Chairman, to the Crow
Tribal Environmental Protection Department and to the Apsaalooke [Crow] Water and Wastewater
Authority (AWWA). The AWWA subsequently was able to raise funds for and install a “water
salesman,” an automated dispensing system in the main Reservation town of Crow Agency, which
allows rural residents to purchase municipal water at a very low cost. Other mitigation options for
well owners with unpalatable or unsafe well water have been and are being explored. An article
summarizing final water quality test results by watershed, with specific recommendations for well
water testing for those contaminants of most concern, was submitted to the Tribal newspaper.
Several two day professional development workshops on local water quality were held for local
K—12 teachers in conjunction with Montana State University or Little Big Horn College educators.
Presentations have also been given in school classrooms and at several local health fairs.
3. Results
Uranium was detected in 68% of the 97 wells tested by the Crow Water Quality Project, with
concentration of at least 1 ȝg/L of uranium (the reporting limit), exceeding EPA’s Maximum
Contaminant Level Goal (MCLG) for uranium of 0 ȝg/L [64] (Figure 6). The EPA sets the MCLG
after reviewing studies of health effects, and describes the MCLG as “the maximum level of a
contaminant in drinking water at which no known or anticipated adverse effect on the health of
persons would occur, and which allows an adequate margin of safety. MCLGs are non-enforceable
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public health goals”. [64] Low levels of uranium in water sources are common, so the public health
goal of 0 ȝg/L is not only non-enforceable but practically speaking, also non-attainable. However, it
is important to note that there are known adverse health effects at uranium concentrations lower than
the MCL, the municipal drinking water standard, which considers economics as well as health.
EPA’s MCL of 30 ȝg/L (ppb) was exceeded in 6.3% of wells. Other national and international
standards for uranium in drinking water are stricter. In Canada, the “maximum acceptable concentration”
is 20 ȝg/L [65], which was the standard initially proposed for the U.S. EPA, but rejected based on
a cost-benefit analysis [45]. Some states, such as Vermont, have also opted for the more conservative
standard of 20 ȝg/L [5]. 10.3% of wells tested on the Reservation by this Project exceeded this
stricter standard.

Figure 6. Geographic information system (GIS) generated map showing hydrologic
drainage basin units, old uranium mines (yellow dots) and well water data from the
United States Geological Survey (USGS) National Uranium Resource Evaluation
(NURE) Hydrogeochemical and Stream Sediment Reconnaissance (HSSR) data base;
the Montana Bureau of Mines and Geology Ground Water Information Center (GWIC)
data base and the Crow Water Quality Project data base.
Averaging well water uranium concentrations by river valley shows that residents in the Bighorn
River Valley (n = 12) are most at risk for contaminated wells, with an average uranium concentration
of 25 ± 29 ȝg/L (Figure 7). Uranium concentrations in Little Big Horn River valley home wells
(n = 75) averaged 6 ± 9 ȝg/L; Pryor Creek home wells (n = 10) had the lowest uranium
concentrations, averaging 3 ± 3 ȝg/L (Figure 7).
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Given the considerable variability in uranium concentrations, how would a homeowner
decide whether well water testing is worth the cost? Uranium in water is colorless, tasteless and
odorless [66], so there are no sensory clues. High TDS, which imparts a taste that families can
recognize, was found to be a potential indicator for the occurrence of uranium. pH, easily measured
by Project staff, was also investigated as a potential indicator. Regression analysis found that TDS
was significantly associated with uranium in the Bighorn River Valley (R2 = 0.828) and in Pryor
(R2 = 0.719). In the Little Bighorn River valley, multiple regression analysis found that both TDS
(p < 0.001) and pH (p < 0.001) were predictive of uranium (R2 = 0.446) [67].
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Figure 7. Histograms of uranium concentrations in well water (in ȝg/L) by river valley,
Crow Reservation. The reporting limit is 1.0 ȝg/L, hence 0.5 ȝg/L represents non-detection.
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These results agree with an analysis of nationwide data, which found a correlation between
uranium and oxic waters with a pH in the range of 6.5 to 8.5 as well as high carbonate levels. In these
conditions, high uranium also corresponded with high TDS levels [68]. These correlations can be
explained: in oxic conditions in shallow groundwater and surface water, uranium most commonly
exists as U(VI) in the uranyl ion (UO22+); this ion typically complexes with the ligand carbonate (or
phosphate), which greatly increases the solubility of uranium in water [69].
Similar pH, carbonate and TDS conditions were all found in the home wells tested on the Crow
Reservation: (1) wells with elevated uranium were all in the pH range of 7.0 to 8.0, (2) bicarbonate
levels were high in all three river valleys, ranging from a mean of 350 mg/L in Pryor to a mean of
495 mg/L in the Little Bighorn River Valley, and (3) high TDS was significantly correlated with high
uranium concentrations in all three river valleys. Redox conditions are unknown, as neither oxidation
reduction potential nor well depth was measured. However, most homeowners reported that their
wells are in relatively shallow groundwater, due to the cost of drilling deeper wells; shallower
groundwater is more likely to be oxic.
As the USGS acknowledged in its nationwide study, both well water quality data and well water
consumption data are needed to assess the health risks from groundwater contamination [11]. Survey
results (Table 1) document that 20% of well owners neither drink nor cook with their well water
(Group I), 20% only consume their well water through cooking (Group II) and 60% of well owners
both drink and cook with their well water (Group III). All well owners who participated in this
study use their well water for bathing, washing dishes and cleaning their house, regardless of the
water quality.
Families who drink and cook with their well water (Group III) have an average TDS level of
959 mg/L in their water—almost double the EPA’s secondary standard of 500 mg/L. Although their
well water is thus on average considered “objectionable” for consumption [49], they have
significantly better well water quality, based on TDS, than families who consume well water only
through cooking (Group II, mean TDS 1970 mg/L, standard deviation (SD) of 1466 mg/L) (p =
0.002) or don’t consume it at all (Group I, mean TDS 2262 mg/L) (p = 0.001) (Table 1).
Table 1. Relationship of well water quality to consumption.
Well Water Number of Drink Well
Cook with
Mean and SD of Mean and SD of
Use
Families
Water?
Well Water?
TDS in mg/L
[U] in ȝg/L*
Group I
30
No
No
2262 ± 1726
14 ± 15
Group II
31
No
Yes
1970 ± 1466
13 ± 23
Group III
91
Yes
Yes
959 ± 578
4±6
Note: * For families whose wells were tested for uranium: Group I, n = 21; Group 2, n = 21; Group 3, n =
52. Water use data lacking for three participating households.

This analysis shows that families whose well water is good enough to drink untreated (Group III)
have significantly lower concentrations of total dissolved solids in their water, including generally low
levels of uranium. Families who neither drink nor cook with their water (Group I) are not at risk of
exposure to uranium, as absorption through skin is minimal [46]. Families who still cook with their
well water, despite its unpleasant taste (Group II), are most at risk of consuming water with unsafe

209
uranium concentrations. Families in both Groups II and III should also consider testing their home air
for radon [70].
Despite the widespread poor quality of well water, very few families have home water treatment
systems. Although 77% of all wells tested have unacceptably hard water (in excess of the EPA
secondary standard), only 3.3% of families had installed a water softener. While 85% of all wells
tested exceed the EPA secondary standard for TDS, only 4% of families had a reverse osmosis
system. Despite the generally high levels of iron and of manganese, no participating family had an
iron/manganese removal unit [67]. The hard water requires softening before treating it by reverse
osmosis, and water softeners require purchasing treatment chemicals regularly. While the U.S. and
the Montana per capita incomes for 2010 were $27,334 and $23,836 respectively, the per capita
income for the four largest Crow Reservation communities a third or less of this, ranging from only
$7,354 to $8,130 [17]. Crow Environmental Health Steering Committee (CEHSC) members explain
that the cost of installing and maintaining treatment technology, including the monthly cost of
chemicals, is simply prohibitive for most families. Most families with unpalatable well water cope by
purchasing and hauling bottled water and/or filling gallon jugs at homes of friends and relatives. A few
collect and use spring or river water.
As the two most populated local communities—Hardin and Crow Agency—use the Bighorn and
Little Bighorn Rivers respectively for their municipal water supplies, water samples were collected
monthly from both rivers over an eight month period, delivered to the EPA-certified lab in Billings
and tested for the same parameters as well water, including uranium. The Big Horn River at Hardin
averaged about 4 ȝg/L uranium, and the Little Big Horn River even less.
4. Discussion and Conclusions
4.1. Potential Sources of Uranium in Local Groundwater
Both project data and the NURE data indicate that uranium contamination of wells is most serious
in the Bighorn River valley and also of concern in the Little Bighorn River valley, while only one
well tested in the Pryor Creek valley (by NURE) exceeded 30 ȝg/L.
Mapping the uranium concentration in well water in relation to the geology of the Crow
Reservation shows that the highest uranium values appear to be associated with Quaternary Terrace
deposits in the lower Bighorn River Valley (Figure 6) [71]. These valley fill sediments could have
eroded from the uranium bearing upland bedrock, as is the case elsewhere in Montana [46]. Other
possible uranium sources may be from the Jurassic Morrison Formation or the Fort Union Formation.
In 1952, the Atomic Energy Commission made an airborne radiometric survey over portions on the
east flank of the Bighorn Mountains covering about 647 km2 (250 mi2), including part of the Crow
Reservation [29]. The only anomaly found on the Crow Reservation by the aerial survey was in the
Morrison Formation in Section 34, Township 4 South, Range 29 East, and Section 3, Township 5
South, Range 29 East [29]. Investigation on the ground revealed a very weak radioactive zone within
the shales of the Morrison Formation. Radioactivity was also noted in dinosaur bone fragments
embedded in a sandstone facies of the Morrison Formation; results from chemical assays on samples
of bones showed the highest radioactivity indicated was 0.23 percent triuranium octoxide (U3O8, a
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form of yellowcake) [29]. Later a NURE investigation of the Billings Quadrangle was conducted
from 1978–1981 [33]. Geologic units were investigated for favorable uranium deposits that could
contain at least 100 tons of U3O8 in rocks with an average grade of not less than 100 parts per million
(ppm) U3O8. A thin, radioactive, carbonaceous claystone bed from an outcrop of Fort Union was
sampled and found to contain 50 ppm U3O8, and this was considered unfavorable for uraniferous
lignite-type deposits [33]. These formations may be a source of naturally occurring uranium on the
Crow Reservation.
Historic uranium and vanadium mining directly to the southwest of the Reservation, just outside
of the Reservation boundary, might also be contributing to well water contamination down gradient
in the Bighorn River Valley. The two abandoned mining districts in the Mississippian-aged Mission
Canyon formation which hosts the mineralized uranium/vanadium deposits are represented as mining
symbols in the southwest corner of the map (Figure 6).
Agricultural fertilizer is a third potential source of uranium in groundwater, as the radionuclide
occurs in phosphate mined for fertilizer production [72]. Research in Germany has found that the
uranium concentrations in groundwater below agricultural land are three to 17 times higher than
under forested land [73] cited in [72]. Hence, extensive irrigated and dry land farming on the
Reservation, particularly in the Bighorn River valley [74], could be contributing uranium from
fertilizer to the groundwater.
In short, uranium contamination of home well water is likely to be coming from natural sources,
and might be exacerbated by mining in the upper Bighorn River watershed and/or fertilization of
agricultural lands in the Bighorn and Little Bighorn River valleys. Future research employing
isotopic analysis of uranium in well water could help elucidate contamination source(s).
4.2. Sources of Uncertainty
The “snowball” sampling strategy for participation in this study—based on volunteers—could
have biased results, as one might suspect that families with poor quality well water would have been
more likely to volunteer to participate. However, comparing project data with the non-georeferenced
Indian Health Service well water database showed that families with poor quality well water were
underrepresented [67]. Perhaps families who neither drank nor cooked with their water had less
reason to take the time to participate?
One might ask whether the subset of 97 families whose wells were tested from uranium differed
from the overall sample of 151 families. There is no evidence to suggest a difference: the sampling
strategy did not change after the project added uranium as an analyte, nor did the proportion of
families in the three water use Groups (no consumption, cooking only, cooking and drinking) change
at this point in the study (Table 1). Both the overall sample of 151 families and the subset of
97 families whose wells were tested for uranium are drawn primarily from the Little Big Horn River
Valley, with lesser representation of the Bighorn River and Pryor Creek valleys; this accurately
reflects the distribution of the Tribal population on the Reservation.
Well water was tested only for total dissolved uranium. It is possible that particle-bound uranium
is also present in well water. If this is the case, a higher percentage of home wells might exceed the
MCL, presenting a health risk to families consuming the water.
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In the Little Big Horn River Valley, the presence of two aquifers—a shallower one with poor
water quality and a deeper one with better water [75]—probably contributes to the variability in well
water uranium concentrations. Many families participating in this study were unsure of the exact
depth of their well, hence it was not possible to correlate uranium with well depth. Measuring well
depth would improve the ability to predict uranium concentrations based on aquifer as well as to
assess the impacts of land use practices on contamination of shallow groundwater.
Simply measuring uranium concentrations in home well water might underestimate the risks from
exposure to radionuclides, as the USGS found in western Montana [50]. Elevated levels of uranium
progeny such as radium and radon (along with uranium) have been found to occur in groundwater
where there is uranium mineralization [76]. Higher concentrations of radium have been found to be
associated with manganese or iron-rich anoxic groundwater [68]. Wells in both the Bighorn and
Little Bighorn River valleys are relatively high in manganese, with average concentrations well
exceeding EPA’s secondary standard of 0.05 mg/L [67]. Additionally, average iron concentrations
in well water substantially exceeded the EPA secondary standard of 0.30 mg/L in every zip code in
the Big Horn and Little Big Horn River valleys, with the exception of Fort Smith in the upper Big
Horn River watershed. Hence, the conditions may exist for radium to also be found in higher
concentrations in home well water.
Nationally, radon is also a relatively common well water contaminant: the USGS found 4.4% of
home wells tested in 48 states exceeded the EPA’s proposed MCL of 4,000 pCi/L for radon, and
65% exceeded the alternate proposed MCL of 300 pCi/L [9]. Bighorn County is classified as “Zone
1” for the highest risk of radon in homes [77]. While testing well water for radon contamination
might be advisable, it is expensive and radon released from soil into home air and inhaled is a more
significant health risk (lung cancer) [78]. The limited radon data for Bighorn County shows that of
homes tested, 34% had radon levels at or above 4 pCi/L, requiring mitigation [79]. Testing home air
for radon is needed, but was deemed beyond the scope of this risk assessment.
In sum, although there are numerous sources of uncertainty, particularly with regards to whether
other potential (radionuclides and pesticides) and known (inorganic and microbial [80,81])
contaminants are contributing to the health risks, the potential for error in this study is primarily in
having underrepresented the health risks to families using wells.
4.3. Uranium Contamination of Home Well Water is a Priority Public Health Issue
Based on the following recognized criteria for prioritizing and addressing exposures to
environmental chemical mixtures [82], contamination of home well water on the Crow Reservation
should be addressed as a high priority public health issue:
(1) Breadth of exposure. Roughly 50% of Crow families rely on home wells for their domestic
water supply [11]; 80% of these families drink and/or cook with their well water. Uranium
and possibly other radionuclides in well water are widespread in the Bighorn and Little
Bighorn River valleys on the Reservation.
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(2) Nature of exposure. People consume well water daily for many years. Survey data document
that people who drink their well water consume about eight cups per day [67]. Half of families
whose well water is so high in TDS that it is unfit for drinking, nevertheless still use it
for cooking.
(3) Severity of effects. The nephrotoxic effects of uranium [83] are a particular concern given the
high diabetes prevalence rate of 12.1% in Big Horn County, compared to 6.2% statewide, as
well as the downstream effects of seriously elevated rates of hospitalization and death from
diabetes [18]. While many factors, including physical activity level, diet, obesity, metabolic
factors and possibly genetics increase risk of diabetes [84,85], exposure to the nephrotoxin
lead is another known factor [84]. Decline in kidney function associated with blood lead and
tibia lead levels is significantly more rapid in middle aged and older men with diabetes than
in men without this disease [86]. Uranium, like lead, is nephrotoxic [83,87]. While the effects
of uranium exposure on diabetic kidney disease incidence and progression is unknown, this
possibility is of concern to the project team.
(4) Interactions. Interactions as understood in an ecological framework include natural, built and
sociopolitical factors [88], all of which contribute to local health impacts from water
contamination. The interactive direct health effects of uranium with other potentially co-occurring
inorganic, organic, radioactive, and/or microbial contaminants in well water are unknown.
Community members burdened by existing health conditions are likely to be more vulnerable
to the impacts of well water contamination. Any health effects from exposure to contaminated
drinking water are likely to both contribute to and be exacerbated by the existing health
disparities that underlie the twenty year difference in life expectancy between Native
American and non-Native residents of Big Horn County [19] cited in [18].
Lack of environmental health literacy is also viewed by the CEHSC as contributing to health
disparities. One Crow Elder compared the arrival of indoor plumbing in the 1960s with the
earlier arrival of watermelons: not knowing how to prepare watermelons, people boiled them
as they did squash. Indoor plumbing was equally unfamiliar as there was no community
education on how to protect one’s well water or maintain and repair wells, plumbing and
septic systems.
Inequity could arguably be considered a fifth criteria for recognizing an environmental exposure
as a priority public health issue. Well owners nationwide lack the regulatory oversight that safeguards
public health via enforcement of standards for municipal water quality. Uranium is an especially
insidious well water contaminant as it cannot be detected by taste, smell or discoloration. In absence
of any governmental regulation of or environmental health community education on well water
quality, community members frequently stated, “Oh my well water tastes fine, it doesn’t need to be
tested”. In Bighorn County, residents of the two most populous communities are provided with
municipal water from surface water sources with lower average concentrations of uranium, as noted
above. Hence local well owners are at higher risk of uranium exposure through their drinking water
than residents of towns which use surface water sources for their supply.
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Unsafe well water and the limited financial resources of most families also interact to increase
exposures to contaminants. As noted above, some families cook with water which tastes so unpleasant
they aren’t drinking it, as they can neither afford to install and maintain water treatment technology,
nor purchase and haul sufficient bottled water for both drinking and cooking [89].
4.4. Future Research, Community Education and Risk Mitigation
The Crow Environmental Health Steering Committee and project staff continue to work on
assessment, communication and mitigation of health risks from contaminated well water. A new EPA
grant includes limited funding for additional home well water testing—free to community members.
The project team has also applied for National Institutes of Health (NIH) funding to be able to offer
free health screenings for adults with a history of consuming contaminated well water.
Mitigating contaminated well water is a complex challenge for which the CEHSC is seeking
solutions. It will require additional resources to expand the project’s free well water testing, as well
as increased community awareness of the risks, greater understanding of how to protect and maintain
wells, plumbing and septic systems, and more affordable alternatives for homeowners with bad well
water. Mitigating home well water with unsafe levels of inorganic contaminants such as uranium is
challenging, as nearly all these wells have such hard water that both a water softener and a reverse
osmosis unit would be required. Even if a grant for installing all this treatment equipment could be
obtained, many families could not afford the monthly costs of chemicals and regular filter replacements.
A new collaboration led by a Crow Tribal member on MSU’s faculty, has been funded and is
planning an environmental health literacy campaign with fourth graders, focused on surface and
groundwater stewardship, and well and septic system care.
The project team is also working to understand how climate change impacts on water resources
could affect health risks from waterborne contaminants [90]. Funding is being sought for additional
home well water testing, including measurements of well depth, to allow for better spatial analysis
of contaminant distributions and relationships to land uses, using a geographic information system
(GIS). The CEHSC, including academic partners, continues to explore ways to improve community
health by reducing exposures to waterborne contaminants, increasing access to safe drinking water
and promoting environmental health literacy.
4.5. Conclusions
In conclusion, for families on the Crow Reservation who rely on home wells, exposure to uranium
and potentially other waterborne contaminants may both contribute to and be exacerbated by existing
health disparities. Limited financial resources restrict families’ options for either treating well water
or purchasing and hauling sufficient safe water for consumption. Conducting such research and
education as a true partnership between community and academic researchers will help to ensure that
the science is sound, the community is increasingly empowered to address environmental health
disparities, and that the work is effective in reducing health risks. In a state where home well water
has not historically been tested for uranium and 88% of counties are at Level 1 risk for radon in
homes, many rural and impoverished Montana families may be similarly at risk. Additional risk
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assessment research, risk communication and risk mitigation measures are warranted to ensure
families have access to safe drinking water. Limited or lack of access to safe drinking water for these
families likely contributes to existing health disparities and is a priority public health issue.
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Impacts of Artisanal and Small-Scale Gold Mining (ASGM) on
Environment and Human Health of Gorontalo Utara Regency,
Gorontalo Province, Indonesia
Yayu Indriati Arifin, Masayuki Sakakibara and Koichiro Sera
Abstract: Mercury concentrations in the environment (river sediments and fish) and in the hair of
artisanal gold miners and inhabitants of the Gorontalo Utara Regency were determined in order to
understand the status of contamination, sources and their impacts on human health. Mercury
concentrations in the sediments along the Wubudu and Anggrek rivers are already above the
tolerable level declared safe by the World Health Organization (WHO). Meanwhile, commonly
consumed fish, such as snapper, have mercury levels above the threshold limit (0.5 ȝg/g). The mean
mercury concentrations in the hair of a group of inhabitants from Anggrek and Sumalata are higher
than those in hair from control group (the inhabitants of Monano, Tolinggula and Kwandang). The mean
mercury concentration in the hair of female inhabitants is higher than that in the hair of male
inhabitants in each group. Neurological examinations were performed on 44 participants of artisanal
and small-scale gold mining (ASGM) miners and inhabitants of Anggrek and Sumalata. From the
12 investigated symptoms, four common symptoms were already observed among the participants,
namely, bluish gums, Babinski reflex, labial reflex and tremor.
Reprinted from Geosciences. Cite as: Arifin, Y.I.; Sakakibara, M.; Sera, K. Impacts of Artisanal and
Small-Scale Gold Mining (ASGM) on Environment and Human Health of Gorontalo Utara Regency,
Gorontalo Province, Indonesia. Geosciences 2015, 5, 160-176.
1. Introduction
Indonesia is perhaps the world’s second largest mercury emitter from artisanal and small-scale
gold mining (ASGM) [1]. It is estimated that about 125 and 145 tons of mercury was emitted in 2000
and 2005, respectively [1,2]. Rapid growth of mercury emission may be related to intensive mining
activities in existing ASGM sites and the opening of new ASGM sites. Sulawesi Island is home of
ASGM sites with huge mercury emissions per year, with Poboya in Palu of central Sulawesi
Province and Talawaan in Minahasa of North Sulawesi Province [3].
The Gorontalo Province of Northern Sulawesi, Indonesia, has several artisanal and small-scale
gold mining (ASGM) sites in each Regency: (1) Pohuwato Regency: Gunung Pani and Bulontio;
(2) Boalemo Regency: Bilato; (3) Bone Bolango Regency: Tulabolo; and (4) Gorontalo Utara
Regency: Hulawa and Ilangata villages. The ASGM activities in the Hulawa village of the Sumalata
subdistrict began in the 1970s, while the ASGM activities in Ilangata and the Ilangata Barat villages
of the Anggrek subdistrict just started five years ago. Every year, approximately 572 kg of mercury
contaminates the environment of the Gorontalo Utara Regency [4]. Yet, there is no report on the
status of the environmental pollution related to the ASGM activities in the Gorontalo Utara Regency.
The mercury pollution in the environment (river sediment and fish) related to the ASGM activities
in North Sulawesi is reported as baseline information in the subjects [5,6]. For a fish-eating
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community, such as the Gorontalo Utara inhabitants, data on mercury levels in fish are needed for
determining the sources of mercury exposure in the human body [7–9]. Mercury contaminations and
health assessments of miners and inhabitants from some ASGM sites in Indonesia, namely, Talawaan,
Tatelu, Galangan and Sekotong, have been reported [3,10–13]. Mercury concentration in human hair
is often used as a bioindicator of the mercury levels in the human body. Human hair is sampled for
the determination of mercury levels in the human body. It has many advantages because it is easy to
collect, handle, and analyze and can record the contamination history over a long period [14–16]. In
addition to mercury, more than 40 elements have so far been detected in hair [17–19].
The health status of miners is mainly determined by following a standardized protocol performed
by medical doctors. The relationships among the mercury in hair, habits, health status and
localization of ASGM are often discussed [20,21]. Scalp hair analysis was used as the first step for a
risk assessment of heavy metal exposure to the human body for people who are working and living in
the vicinity of a mine area, outside of such an area and in a metropolitan city [12,22–26]. The
advantages of using hair samples for monitoring the impact of environmental pollution on human
health are reported elsewhere [27,28].
This study is aimed at determining the status of mercury contamination in people of the Gorontalo
Utara Regency, those living near ASGM sites and others who are living in Gorontalo Utara. The
possible sources of contamination will also be investigated. The health conditions of the miners and
inhabitants living around the mining sites were investigated using a standard neurological
examination protocol.
2. Experimental Section
2.1. Study Area
Samples were collected from five districts in the Gorontalo Utara Regency: Anggrek, Kwandang,
Monano, Sumalata and Tolinggula (Figure 1). Geographically, Tolinggula, Sumalata, Monano,
Anggrek and Kwandang are situated on hills and mountains along the coastline of the Gorontalo
Utara Regency. Inhabitants of the Gorontalo Utara Regency mainly work as farmers and fishermen.
Marine fish are commonly part of their diets, along with rice, corn and vegetables, which are also
produced on the nearby hills alongside the coastline.
The ASGM activities in the Sumalata and Anggrek districts are located along the Wubudu and
Anggrek riverbanks, respectively (Figure 1). Information on the locations, where a sediment sample
was collected (locations 6, 7, 8, 9 and 10), is provided below. Some ASGM processing sites are close
to locations 6, 7 and 8. There are no ASGM activities close to location 9, but between locations 9 and
10, there is a significant amount of ASGM activities on the river. Meanwhile, an ASGM ore
extraction and processing site is close to location 10.
ASGM processing (panning and amalgamation) occurs on the estuary of the Wubudu River, close
to location 13. On the Wubudu riverbank between locations 14 and 15, we found many ASGM ore
processing sites. Many ASGM processing sites are found around location 16, while there is an
ASGM ore extraction and processing site close to location 17. The activities may contaminate the
environment, as well as the Wubudu and Anggrek rivers and their estuaries.
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Figure 1. (a) Gorontalo Province map showing sampling locations (Ɣ) of human hair
from Gorontalo Utara Regency, showing Tolinggula Sumalata, Anggrek, Monano and
Kwandang districts. Location of Gorontalo Province in Indonesian map is shown (inset).
The two rectangular shapes are ASGM locations and sampling sites for sediments and
fishes; (b) Map of Sumalata gold mining site, showing locations (Ɣ) are sediment
sampling sites and (c) map of Anggrek gold mining site, showing locations (Ɣ) are
sediment sampling sites. Information on locations of ASGM ore extraction and
processing sites are given in the text.
The bioaccumulation of mercury, which may occur in living organisms such as paddy rice, corn
and marine fish, become agents that spread mercury contamination through the food web of
inhabitants of the Gorontalo Utara Regency. The mercury concentration in river sediments and fish
will be used as background information about the mercury in the biotic and abiotic environments.
The Sumalata and Anggrek districts are locations with ASGM activities, while Kwandang,
Monano and Tolinggula are districts without mining activities. The residents of Anggrek and
Sumalata are considered the ASGM miners group, while the residents of Kwandang, Monano and
Tolinggula are considered the control group.
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2.2. Sampling
2.2.1. Hair
Human scalp hair samples were taken from 95 participants from inhabitants of Anggrek (n = 25),
Sumalata (n = 23) and other regions of the Gorontalo Utara Regency (Kwandang (n = 7), Monano
(n = 37) and Tolinggula (n = 4)) between 2012 and 2013. Of the 95 participants, 53 were female, and
the mean age was 23 years (range: 8 months–63 years). Among the 95 participants, 19 were ASGM
workers, 15 were housewives, six were unemployed, one was teacher, one was university student and
38 were children (participants with ages below 18 years old).
The mercury concentrations in the hair samples from Anggrek, Kwandang, Monano, Sumalata
and Tolinggula were determined to understand the status of contamination. The distribution of
participants according to sex, location and occupation are summarized in Table 1. Approximately
10–20 strands of hair was cut close to skin from the right back side (mastoidal region of the temporal
bone) and then labeled and stored in a sample plastic bag [28].
The mercury concentration in hair samples will be used to characterize the risk through a
comparison with reference values published by the German Human Biomonitoring Commission in
1999 (Commission Human—Biomonitoring of the Federal Environmental Agency Berlin, 1999) [29].
The German Human Bio Monitoring (HBM) commission established toxicology threshold limits,
which can be put into three categories. The first category is normal or HBM I, where the mercury level in
hair is below 1 ȝg/g. The above normal category is an alert level between HBM I and HBM II, where
the mercury hair content is from 1 to 5 ȝg/g. Meanwhile, above 5 ȝg/g is categorized in the high level
or over HBM II.
2.2.2. Sediment
We collected several sediment samples along the Sumalata and Anggrek Rivers, and the locations
of the sampling points are shown in Figure 1. Approximately up to 15 cm from the river bed sediment
was collected using a shovel and stored in a plastic bag, which was kept in a cool box. The sample
was collected from several points at one location, according to the averaging principle [30].
2.2.3. Fish
Several marine fish species anchovy (Engraulis japonicus), gray snapper (Lutjanus griseus),
yellow tail snapper (Ocyurus chrysurus), redbelly yellowtail fusilier (Caesio cuning), red snapper
(Lutjanus sp.), and lane snapper (Lutjanus synagris) were bought from local fishermen of the
Sumalata river estuary area. The samples were placed in plastic bags and stored in a cool box.
The mercury concentrations in fish were determined using cold vapor AAS (CVAAS of Varian
AA240 FS).
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2.3. Analytical Procedure
2.3.1. Particle Induced X-Ray Emission (PIXE)
Elemental analysis for the scalp hair samples was performed by particle induced x-ray emission
(PIXE) in the Cyclotron Research Center, Iwate Medical University, Japan. The precision and
accuracy of this method have been reported elsewhere [31–35]. Hair samples were washed using
Milli-Q water and shaken in an ultrasonic bath for 1 min. Then, the samples were dried by wiping
them with a tissue. The dried hair samples were washed again by being stirred in acetone for 5 min.
Then, they were washed again using Milli-Q water, wiped well with tissue and left to dry at room
temperature. The hair samples (approximately seven hairs per person) were stuck on a target holder.
A 2.9 MeV-proton beam hit the target after passing through a beam collimator of graphite, whose
diameter was 6 mm. X-rays of energy higher than that of the K-KĮ line were detected by a Si(Li)
detector (25.4 ȝm thick Be window; 6 ȝm active diameter) with a 300 ȝm-thick Mylar absorber. For
measurements of X-rays lower than the K-KĮ line, a Si(Li) detector (80 mm Be; 4 mm active
diameter), which has a large detection efficiency for low energy X-rays, was used. Descriptions of
the data acquisition system and the measuring conditions are reported elsewhere [33]. The typical
beam current and integrated beam charge were 100 nA and 40 mC, respectively. The procedure for
the standard-free method for untreated hairs is almost the same as that reported in the previous
studies [31].
2.3.2. Atomic Absorption Spectroscopy
The mercury concentrations in the sediments and fish species were determined using cold vapors
AAS (CVAAS of Varian AA240 FS) in BPPM Gorontalo, since those samples need quick and
special treatment compared to human hair samples. Accuracy and Standard procedure used in AAS
are certified by Indonesian Government and they used standard procedures.
The threshold limit for mercury in river sediments is 10 ȝg/kg [36]. The threshold limit for
mercury in fish and its product is 0.5 ȝg/g, according to the Bureau of Food and Drug Supervision of
the Ministry of Health of the Republic of Indonesia, which is consistent with the recommended
safety levels of WHO/ICPS [36].
Fish samples were washed with distilled water and dried in tissue paper after defrosting in the
laboratory. A portion of the edible muscle tissue was removed from the dorsal part of each fish,
homogenized and stored in clean-capped glass vials in a freezer until analysis. The fish samples were
digested for total mercury determination by an open flask procedure developed at National Institute
for Minamata Disease (NIMD) in Japan by Akagi and Nishimura [37,38].
Sediment samples were dried in oven for 24 h at 40 °C, cleaned from parts dead animal and plants.
Sediment samples were powdered using Agate mortar for about two hours. Powdered sediment
samples were sent to BPPMHP for AAS measurement.
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2.4. Neurological Examination
Neurological examinations were performed on a limited number of participants by a team of
medical doctors using a standard protocol. The participants were 27 people from Sumalata and 17
people from Anggrek. The examinations were conducted on site: mining sites for the miners and at
home for the inhabitants. A total of 12 symptoms related to mercury poisoning were included in the
neurological examination: (1) Signs of bluish discoloration of gums; (2) Rigidity and ataxia (walking
or standing); (3) Alternating movements or dysdiadochokinesia; (4) Irregular eye movements or
nystagmus; (5) Field of vision; (6) Knee jerk reflex; (7) Biceps reflex; (8) Babinski reflex; (9) Labial
reflex; (10) Salivation and dysarthria; (11) Sensory examination; and (12) Tremor: tongue, eyelids,
finger to nose, pouring, posture holding and the Romberg test. We used 1 and 0 for positively and
negatively observed symptoms, respectively.
2.5. Statistical Analysis
The mercury hair sample and neurological examination data were analyzed statistically with
Origin (OriginLab (2007) version 8.0). Kolmogorov-Smirnov tests were used to study the normality
of the distribution of inhabitant mercury hair samples. Because the data are log-normally distributed,
the Kruskal-Wallis ANOVA test was used to identify differences among the subgroups. The
relationship between the mercury concentration and age of participant in both groups is determined
using the Spearman correlation coefficient.
3. Results and Discussion
3.1. Mercury in Hairs
The distributions and range of mercury levels in 95 hair samples collected from the five
subdistricts are summarized in Table 1. The hair mercury concentrations of all participants are more
than 1 mg/g, which indicates the toxicity level is already in alert level according to HBM [29]. The
number of subjects with high mercury levels over 10 ȝg/g was 10 (40%), 7 (30.4%), and 4 (8.5%) in
Anggrek, Sumalata, and the control group (Kwandang, Monano and Tolinggula), respectively.
According to the Kolmogorov-Smirnov test, the distribution of data of mercury hair from the
Gorontalo Utara Regency was not normal; instead, it had a log normal distribution. The geometrical
mean is more suitable for log normal distribution data.
3.1.1. Mercury Concentration for Males and Females
The lognormal distribution of hair mercury levels in males and females is shown in Figure 2. Five
females had mercury levels greater than 25 ȝg/g, and none of them worked as ASGM miners. Those
five females may have been exposed to mercury from another source (affecting female inhabitants
only). The elevated hair mercury levels that were above average (7.1 ȝg/g) and even the highest (17.9
ȝg/g) mercury level were found among the ASGM miners.
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Table 1. Geometrical mean, standard deviation and range of hair mercury content of
inhabitants of Gorontalo Utara Regency.
Hair Mercury Content (ȝg/g)

Residence

Sex

N

Mean ± SD

Min

Max

Anggrek

F
M
Total

11
14
25

14.2 ± 2.9
7.0 ± 1.9
9.6± 2.5

4.7
2.1
2.1

144.8
17.9
144.8

Kwandang

F
M
Total

6
1
7

6.7 ± 1.6
3.5 ±
6.1 ± 1.7

4.0
3.5
3.5

14.6
3.5
14.6

Monano

F
M
Total

22
15
37

6.2 ± 1.6
5.0 ± 1.3
5.7 ± 1.5

2.8
3.5
3.8

28.1
6.9
28.1

Sumalata

F
M
Total

11
12
23

10.0 ± 2.1
6.6 ± 1.7
8.0 ± 2.0

3.8
2.5
2.5

69.8
13.7
69.8

Tolinggula

F
M
Total

3
0
3

5.0 ± 1.2

4.4

5.9

5.0 ± 1.2

4.4

5.9

Total

F
M
Total

53
42
95

8.1 ± 2.1
6.0 ± 1.7
7.1 ± 2.0

2.8
2.1
2.1

144.8
17.9
144.8

The average hair mercury levels for all, male and female inhabitants in the Monano district are
5.7, 5.0 and 6.2 ȝg/g, respectively. These levels show that there are no significant differences
between the mean hair mercury of males and females in that district. While the average of all
mercury hair content for females is 8.1 ȝg/g (more than 30 percent higher than males (6.0 ȝg/g)),
such conditions were also found for the subgroups of Kwandang and Sumalata. The condition in
Anggrek is even higher (three times). The large discrepancy of mercury levels between female and
male inhabitants suggests that female inhabitants are receiving mercury from another source (e.g.,
whitening cream).
3.1.2. Relation between Mercury Concentration and Age
The mercury concentration in human hairs depends on several factors, including age. Figure 3
shows the mercury concentrations vs. the age of miners and non-miners. There is a positive, strong
and significant relationship (r = 0.31; p = 0.01) between the age and mercury content of the group of
inhabitants, while there was no significant correlation (r = í0.16; p = 0.44) for the group of miners.
Such conditions imply that the hair mercury concentrations of non-miners are age dependent, while
for miners, the correlation remains unknown. Some factors related to the hair mercury concentration
were not considered here, including habits, food consumption and drugs.
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Figure 2. Distribution of the hair mercury among the total population. Open bar and
solid bar indicate male and female, respectively. Geometrical mean and Standard
Deviation are shown for male, female and total.
The positive correlation of hair mercury levels and age of the non-ASGM miner population is
related to the inhabitants; constant consumption of mercury in their diets, which are already
contaminated by mercury. Meanwhile, the lack of a significant correlation for the ASGM miners is
not as important, given that the majority of ASGM miners have mercury levels above the non-miners.
Children (below 18 years old) had higher mercury hair levels for several reasons: spending more
time playing outdoors, hand-to-mouth behavior, lower ability to metabolize certain contaminants, etc.
3.1.3. Relation between Mercury Concentration and Localization
A comparison of the hair mercury distribution among inhabitants of the Anggrek and Sumalata
districts (ASGM site) and inhabitants of other districts without an ASGM site is shown in Figure 4.
The mean hair mercury concentrations (SD) of the ASGM site and non-ASGM site groups are 8.8
(2.2) ȝg/g and 5.7 (1.5) ȝg/g, respectively. We used the Kruskal–Wallis test to identify the
differences between groups, and there was no significant difference in the 95% level of confidence.
An effect of localization could be observed, as both groups were receiving the same source of
mercury in their diet (food and fish from the same source). However, the mean hair mercury level of
inhabitants of the ASGM site is higher than that in the non-ASGM site, indicating there is another
source of mercury that corresponds to the ASGM activities. The most probable source of the elevated
mercury level in inhabitants of the ASGM site is the mercury vapor from smelting processes, which
mainly occurs outside, in gold shops and sometimes inside houses. The mercury emissions from gold
shops could reach up to 53.4 ȝg/m3, whereas the normal atmospheric level in rural areas is
approximately 0.002–0.004 ȝg/m3 [39].
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Figure 3. Distribution of mercury level among population of Gorontalo utara Regency.
Open (ż) and closed (Ɣ) symbols denoted for non miner and miner groups, respectively.
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Figure 4. Distribution of the hair mercury among the total population according to their
location from ASGM. Black and white bar indicate ASGM site inhabitants and non
ASGM site inhabitants, respectively. Mean and standard deviation (SD) for both groups
are given on the graph.
3.1.4. Results Comparison with Other Publications
Hair mercury concentrations of inhabitants from control areas (Kwandang, Monano and
Tolinggula districts) will be treated as background levels. In the Table 2 mercury in human hairs
from control areas of this study is compared with other publications. Elevated background level of
hair mercury concentrations in Gorontalo Utara Regency is similar to high fish consumption areas,
such as Philippines and Sulawesi; and far above lower fish consumption areas such as Tanzania and
Mongolia. The fish consumption is most likely become the only factor determining the background
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levels of hair mercury concentration [40]. The values of background mercury levels of high fish
consumption areas is may depends on mercury content on most eatable fish species and frequency of
eating fish.
Table 2. Hair mercury concentrations (ȝg/g) of inhabitants from control areas of this
study compared to other publications [40].
This Study

Indonesia-Sulawesi

Philippines

Tanzania

Mongolia

47
2.8
5.7
28.1

20
0.83
1.64
3.72

39
0.98
4.02
34.71

24
0.08
0.36
0.68

34
0.03
0.1
0.62

Number
Minimum
Mean
Maximum

3.2. Mercury in River Sediments and Fishes
The mercury concentrations in the Wubudu River sediments are shown in Figure 5. All values are
already far above the threshold limits by WHO/ICPS [36]. Locations 15, 16 and 17 have higher
mercury concentrations because they are close to the ASGM processing units, and the levels
gradually decrease downstream (locations 13 and 14). The mercury concentration in location 16 is
lower than that in 15 and 17 because it is located in the junction and then may be diluted by another
river branch inlet (Figure 5).
Mercury in sediment (mg/kg dry weight)
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Figure 5. Mercury content in sediment from Wubudu river. Numbers on top of bars
corresponds with sampling location. The dotted line indicates the recommended safety
level (WHO/ICPS 1990).
The distribution of mercury concentrations in the river sediments is depicted in Figure 6.
Locations 8, 9 and 10 are close to the ASGM processing site, while locations 6 and 7 are not
(Figure 1). It is evident that the ASGM activities are the source of the elevated mercury levels in the
sediments at locations 8, 9 and 10 (Figure 1). Although Figure 6 shows a connection between the
branches in the Anggrek river system, our observations showed some river branches are
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Mercury in sediment (mg/kg dry weight)

disconnected due to the dry season. Compared to the Wubudu River, the Anggrek River is smaller,
and several branches may be cut off during the dry season.
The mercury concentrations in the fish are depicted in Figure 7. The values vary from species to
species. Most species have mercury levels below the threshold, but the fish that are commonly
consumed, such as snapper (Lutjanus synagris and Ocyurus chrysurus), already have mercury levels
above the threshold limit by WHO/ICPS 1990 [36]. Although some common edible fish have
mercury levels below the maximum tolerable limit by WHO/ICPS, the frequency of eating such fish
is critical. WHO established provisional tolerable weekly intake (PTWI) about 2.5 g/kg body weight
in order to protect the fetus from neurotoxic effects [41].
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Figure 6. Mercury content in sediment of Anggrek Rivers. Numbers on top of bars
correspond with sampling location. The dotted line indicates the recommended safety
level (WHO/ICPS 1990).
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Figure 7. Mercury content in species of fish from Wubudu Estuary. The dashed line
indicates the recommended safety level (WHO/ICPS 1990).
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3.3. Neurological Examinations
From the 12 objective symptoms that were evaluated (Table 3), some common symptoms (bluish
gums (1), Babinski reflex (8), labia reflex (9), and tremor (12)) were observed among the ASGM
miners and inhabitants of Anggrek and Sumalata. The miners from Anggrek showed additional
symptoms, namely rigidity and ataxia (2), alternating movements (3) and irregular eye
movements (4).
No recent study has reported on mercury contamination using scalp hair as a bioindicator and the
health effects of inhabitants of Gorontalo Utara Regency related to the ASGM activities in the
Anggrek and Sumalata districts. Using scalp hair as a bioindicator of mercury contamination mainly
reflects the uptake of the organic mercury compound via fish consumption [42,43].
The mean mercury levels of inhabitants from Anggrek and Sumalata are 14.2 and 10.0 ȝg/g,
respectively. The values are two times higher than the smallest mean value (5.0 ȝg/g) of the
Tolinggula district. Of the 21 subjects that have mercury hair concentrations greater than 10 ȝg/g, 15
(71.4%) of them are females, and four (26.7%) of those females live outside the ASGM area.
Females that have hair mercury concentrations greater than 10 ȝg/g have the potential to contaminate
their fetuses, risking abnormal brain development [44].
The dominant positive symptoms observed in the miners and inhabitants are described in Figure 8.
The common neurological disturbances that were observed among the ASGM miners and inhabitants
of Anggrek and Sumalata are bluish gums, Babinski reflex, labial reflex and tremor. However, the
Anggrek miners showed more positive symptoms, namely rigidity and ataxia (walking or standing),
alternating movements or dysdiadochokinesia, irregular eye movements or so called nystagmus.
Harari et al., found that tremor was a dominant symptoms among Ecuadorian gold miners, while
Tomicic et al., observed that ataxia and tremor are dominant symptoms among Burkina Fassian gold
miners [45,46].
Table 3. Objective symptoms observed of the participants.
Groups (Number of Person)
Anggrek Miners (4)
Anggrek Inhabitants (13)
Sumalata Miners (4)
SumalataInhabitants (23)

1
3
3
4
20

2
3
2
1
2

3
3
2
1
2

4
3
2
1
2

5
2
1
1
5

Symptoms
6 7
0 0
2 2
1 1
5 2

8 9 10 11 12
3 3 1 3 4
10 10 3 5 4
3 3 0 0 3
20 20 2 2 15

The relationship between the level of methyl mercury in scalp hair and neurological abnormalities
found in adults has been discussed by researchers [47,48]. Although the total hair mercury level
found in miners and inhabitants of Anggrek who participated in neurological examinations are
between 3.4 and 14.9 ȝg/g, only Babinski reflex and labial reflex disturbances are dominant. On the
other hand, the miners and inhabitants of Sumalata with lower total hair mercury levels (6.1–10.4
ȝg/g) already showed at least four disturbances (Babinski reflex, labial reflex, bluish gums and
tremor). We can assume that the methyl mercury levels of the Sumalata groups are higher than those
of the Anggrek group because they were exposed for a longer period of time [49,50]. The high
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mercury concentrations in the Wubudu estuary sediments and fish (e.g., snapper) are the elevated
mercury level sources for the Sumalata inhabitants.
100

Anggrek Miners
Anggrek Inhabitants
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Sumalata Inhabitants
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Neurological symptoms

Figure 8. Percentage of positive symptoms observed in ASGM miners and inhabitants of
Sumalata and Anggrek. Babinski reflex(8)and labial reflex(9) are common symptoms
observed in all subgroups.
4. Conclusions
The contamination status of groups of inhabitants who are living around the ASGM sites
(Anggrek and Sumalata) and outside the sites (Monano, Kwandang and Tolinggula) is very high,
according to HBM levels. The higher risk of mercury contamination due to the ASGM activities in
ASGM sites is indicated by the higher mean hair mercury levels of inhabitants of the ASGM sites
compared to those of inhabitants of the non-ASGM sites. Females have higher mean hair
concentrations than males, and this result shows that female inhabitants are more vulnerable to
mercury contamination. A significant and positive correlation found for the hair mercury levels
and age of non-miner inhabitants suggests that living in ASGM sites potentially leads to
mercury contamination.
The mercury concentrations of the Wubudu river sediments of Sumalata are above the threshold
limits set by WHO, and the distribution is strongly related to the location of ASGM processing sites
along the Wubudu riverbanks. The mercury concentrations of the Anggrek river sediments are
already above the threshold limit set by WHO. The mercury levels in commonly consumed fish,
which were caught in the Sumalata and Anggrek rivers and estuaries, are also reported. Most
commonly consumed fish species (Lutjanus synagris and Ocyurus chrysurus) in the Regency have
mercury levels above the maximum tolerable limits of the WHO [36]. Serious health problems are
indicated by the dominant symptoms observed among the ASGM inhabitants, including bluish gums,
Babinski reflex, labial reflex and tremor.
The proposed route for mercury to enter the human body is only an indirect way through the food
web of the inhabitants, while ASGM miners receive a combination of indirect and direct exposure to
mercury vapor including from smelting processes and direct contact with liquid mercury.
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