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Preface to “Ecological Monitoring, 
Assessment, and Management in 
Freshwater Systems” 
 

The survival of humanity, flora and fauna depends on freshwater 
ecosystems. However, freshwater supply is limited and subjected to 
unprecedented anthropogenic threats all over the world. Climate change is a 
potent driving force that exacerbates the quality and condition of freshwater 
resources. Our planet is facing many kinds of emerging ecosystems caused by 
accumulated stresses with erratic system behaviors. Therefore, conserving and 
reviving freshwater health and biodiversity is becoming more and more 
important globally to ensure ecosystem integrity and freshwater sustainability. 
With the advent of the new millennium, the notion of ecosystem integrity has 
increasingly gained societal value, particularly in terms of a new paradigm of 
“ecosystem health (eco-health)”. This paradigm is multidiscipline; it is elaborately 
used in a metaphorical sense with an ultimate goal to achieve well-being of the 
biosphere, for humans and nature. Scientific approaches coupled with societal 
values create the need to assess ecosystem health, determine the consequences of 
current behavior, and find options for changing courses. Achieving ecosystem 
health is the goal. To realize this goal, we need indicators, methods, and 
techniques. 

This Special Issue disseminates recent works on current challenges faced by 
practicing scientists and engineers in ecological monitoring, assessment, and 
management in freshwater ecosystems. Seventeen papers were selected through a 
rigorous peer review process with the aim to broadly disseminate research results, 
developments, and application to both academia and practitioners. Original 
research papers addressed the following topics, including one invited review on 
German surface water monitoring: stream ecological health assessment, effect of 
watershed land use on aquatic biota, extensible data management and 
applications in monitoring programs, hydro-ecology, restoration, and field 
evaluation.  

There is strong recognition of the importance of surface water health to meet 
future water sustainability. Firm institutional and governance frameworks for 
freshwater resources management also play a pivotal role in surface water health. 
The approaches discussed in this Special Issue of Water provides important 
information to the field of freshwater science and engineering. We understand 
that there are many valuable related works elsewhere with complementary and 
necessary analyses. We hope to see these works in the near future. We are grateful 
to the authors and reviewers for contributing to the improvement of our 
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understanding of the monitoring, assessment and management of freshwater 
ecosystems with the ultimate goal to achieve healthy and sustainable freshwater 
ecosystems. 

Young-Seuk Park and Soon-Jin Hwang 
Guest Editors 







Ecological Monitoring, Assessment, and
Management in Freshwater Systems
Young-Seuk Park and Soon-Jin Hwang

Abstract: Ecological monitoring and assessment is fundamental for effective
management of ecosystems. As an introduction to this Special Issue, this editorial
provides an overview of “Ecological Monitoring, Assessment, and Management in
Freshwater Systems”. This issue contains a review article on monitoring surface waters,
and research papers on data management, biological assessment of aquatic ecosystems,
water quality assessment, effects of land use on aquatic ecosystems, etc. The papers
in this issue contribute to the existing scientific knowledge of freshwater ecology.
They also contribute to the development of more reliable biological monitoring and
assessment methods for sustainable freshwater ecosystems and ecologically acceptable
decision-making policies, and establishment of practices for effective ecosystem
management and conservation.

Reprinted from Water. Cite as: Park, Y.-S.; Hwang, S.-J. Ecological Monitoring,
Assessment, and Management in Freshwater Systemsr. Water 2016, 8, 324.

1. Introduction

The reliable monitoring and assessment of water resources is fundamental for
effective management of water quality and aquatic ecosystems [1]. Traditionally,
physicochemical parameters have been used to assess the quality of water resources.
However, they have a limitation in grasping the wholeness of water systems,
particularly with reference to ecosystem health and integrity [2]. Various approaches
are applicable to ecosystem health assessment at different levels of the biological
hierarchy, from genes to ecosystems.

Many countries conduct nationwide monitoring programmes on aquatic
organisms for effective freshwater ecosystem management. For example, in Europe,
such programmes are carried out under the Water Framework Directive (WFD) [3].
The WFD monitoring programme aims at collecting data for status assessment and
controlling the efficiency of the applied water protection measures [4]. In the USA,
two major national biomonitoring programmes exist which are funded through
the US Environmental Protection Agency (National Aquatic Resources Survey;
NARS (previously called EMAP)) and the US Geological Survey (National Water
Quality Assessment; NAWQA) [5]. In China, there are three national monitoring
programmes supported by the Ministry of Water Resource (National River and
Lake Health Program), Ministry of Environment Protection (Watershed Health
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Condition Assessment), and Chinese Major Science and Technology Program for
Water Pollution Control and Management (Ten Important Rivers and Lakes Health
Assessment) [6]. In Korea, the National Aquatic Ecological Monitoring Program
(NAEMP) is conducted to assess the ecological health status of stream ecosystems
based on biological indices, using benthic diatoms, macroinvertebrates, fish, and
aquatic plants. The NAEMP funded by the Ministry of Environment was established
in 2007, and since then, the number of sampling sites has increased from 540 to 960,
covering the entire nation [7,8]. By 2018, the total number of monitoring sites will
gradually increase to 3000.

We designed this special issue to improve the scientific understanding for
monitoring, assessment, and management of freshwater aquatic ecosystems. The
following section summarises the individual contributions.

2. Contributions

The WFD, established in 2000, provides the current basis for monitoring surface
waters and ground water in the countries of European Union. Arle et al. [4] reviewed
the monitoring of surface waters in Germany under the WFD. They considered
monitoring methods, selection of monitoring sites, and monitoring frequencies.
Furthermore, they examined the changes in water monitoring in Germany over the
past 16 years and summarised the monitoring results from German surfaces waters
under the WFD.

The datasets obtained in the monitoring programmes provide many opportunities
for various advanced comparative and synthetic studies, policy-making, and
ecological management [9]. In order to realise the potentials and opportunities,
Jiang et al. [9] developed a RESTful API-based data management system called
OSAEM (the Open, Sharable, and Extensible Data Management System for Aquatic
Ecological Monitoring).

Choi et al. [10] presented the transferability of monitoring data from neighbouring
streams in a physical habitat simulation. They examined similarities in the data
related to channel geometry and in the observed distribution of the target species, and
constructed habitat suitability curves using the gene expression programming model.
They performed the physical habitat simulations with the proposed generalised
habitat suitability curves. Their results indicated that the use of data from a
neighbouring stream in the same watershed could result in large errors in the
prediction of composite suitability index, and the proposed generalised habitat
suitability curves increased the predictability of the composite suitability index in
the physical habitat simulation.

Li et al. [11] implemented a self-organizing map (SOM) to detect outlier loci
in the amplified fragment length polymorphism band presence/absence data,
and demonstrated that genetic diversity adaptively responds to environmental
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constraints. Specifically, they characterised overall loci composition patterns
according to the SOM, revealed environmental responsiveness according to altered
input data based on SOM recognition, and addressed associations between outlier
loci and environmental variables.

Benthic macroinvertebrates are commonly used for biological assessment of
aquatic ecosystems owing to their taxonomic diversity, sedentariness in habitat range,
and suitable lifespan [12,13]. Jun et al. [14] studied nationwide distribution patterns
of benthic macroinvertebrates and important environmental factors affecting their
spatial distribution using the data obtained from the NAEMP. They classified 720
sampling sites into five clusters according to the pollution levels from fast-flowing,
less-polluted streams with low electrical conductivity to moderately or severely
polluted streams with high electrical conductivity and low water velocity. Their
analysis revealed that altitude, water velocity, and streambed composition are the
most important determinants for explaining the variation in macroinvertebrate
assemblage patterns.

Grygoruk et al. [15] studied the effects of dredging on the benthic
macroinvertebrates in agricultural rivers. They demonstrated that the total
abundance of riverbed macroinvertebrates in the dredged stretches of the rivers
analysed was approximately 70% lower than that in non-dredged areas, and
concluded that the dredging of small rivers in agricultural landscapes seriously
affects their ecological status by negatively influencing the concentrations and species
richness of benthic macroinvertebrates.

Mountainous and headwater streams are characterised by diverse microhabitats
that help protect macroinvertebrates from competition, predation, and natural
disturbances, and therefore support a rich regional biodiversity [16,17]. Lee et al. [18]
examined the water chemistry data collected at headwater streams on different
timescales to establish a monitoring programme optimised for identifying potential
risks to stream water quality arising from rainfall variability and extremes.
Their results suggested that routine monitoring, based on weekly to monthly sampling,
is valid only in addressing general seasonal patterns or long-lasting phenomena such
as drought effects.

Wang et al. [19] quantified the impacts of the run-of-river scheme on the instream
habitat and macroinvertebrate community in a mountain river. They demonstrated
that flow diversion at the 75% level and an in-channel barrier, due to the run-of-river
scheme, are likely to lead to poor habitat conditions and decrease both the abundance
and the diversity of macroinvertebrates in reaches influenced by water diversion.

Bae et al. [17] studied the structure and function of benthic macroinvertebrate
communities in four headwater streams at two different spatial scales over three
seasons of the year. They showed that the differences between samples were
accounted for by seasonal variation more than spatial differences at the individual
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stream scale, and site differences became more important when performing an
ordination within a single season.

Kim et al. [20] examined the effects of land use types on community structure
patterns of benthic macroinvertebrates in streams of urban areas. They found
that species composition patterns are mainly influenced by both the gradient
of physicochemical variables such as altitude, slope, and conductivity, and the
proportion of forest area. Community structure patterns were further correlated to
the proportion of urbanisation and to biological indices such as diversity and number
of species.

Hwang et al. [21] examined the relationships between urban land use and water
quality in Korea. They analysed the data derived from NAEMP by using linear and
generalised additive models. Their results showed that the generalised additive
models had a better fit and suggested a non-linear relationship between urban land
use and water quality.

Yun and An [22] assessed the influence of land use patterns on nutrient contents
and N:P ratios in stream ecosystems, and determined the empirical relationships
between N:P ratios and nutrients and sestonic algal biomass. Their results indicated
that land use patterns in the study watersheds are a key factor regulating nutrient
contents and N:P ratios in ambient water, and influenced empirical relationships
between N:P ratios and sestonic chlorophyll.

An et al. [23] examined the non-stationary relationship between the ecological
condition of streams and the proportions of forest and developed land in watersheds
by using geographically weighted regression (GWR). They found that the GWR
model had superior performance compared with the ordinary least squares
method model.

Kim and An [24] evaluated the ecological health of Nakdong River in Korea
by using an integrated health responses model based on chemical water quality,
physical habitat, and biological parameters. They found that the key stressors were
closely associated with nutrient enrichment (N and P) and organic matter pollutions
from domestic wastewater disposal plants and urban sewage.

Glińska-Lewczuk et al. [25] evaluated the influence of habitat connectivity
and local environmental factors on the distribution and abundance of functional
fish groups in 10 floodplain lakes. Their results indicated that the composition
and abundance of fish communities are determined by lake isolation gradient,
physicochemical parameters, and water stage, suggesting that lateral connectivity
between the main channel and floodplain lakes is of utmost importance.

Kim et al. [26] investigated the effectiveness of the nature-like fishway installed
at a weir on the Nakdong River in Korea by using traps and passive integrated
transponder telemetry. Moreover, they presented measures to improve the efficiency
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of the fishway by analysing the correlation between the upstream water level and
fishway use data.

Drapper and Hornbuckle [27] presented a field evaluation of a stormwater
treatment train with pit baskets and filter media cartridges. Their results were
significantly different for the filters, but not the pit baskets. In addition, they
identified the significant influence of analytical variability on performance results,
specifically when influent concentrations are near the limits of detection.

3. Conclusions

We believe that the papers in this special issue contribute to scientific knowledge
of freshwater ecology concerning the monitoring, assessment, and management of
freshwater ecosystems. They also contribute to developing more reliable biological
monitoring and assessment methods for sustainable freshwater ecosystems, and
ecologically acceptable decision-making policies, and establishing practices for
effective ecosystem management and conservation.
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Monitoring of Surface Waters in Germany
under the Water Framework Directive—
A Review of Approaches, Methods
and Results
Jens Arle, Volker Mohaupt and Ingo Kirst

Abstract: The European Commission Water Framework Directive (WFD) was
established 16 years ago and forms the current basis for monitoring surface waters
and groundwater in Europe. This legislation resulted in a necessary adaptation
of the monitoring networks and programs for rivers, lakes, and transitional and
coastal waters to the requirements of the WFD at German and European levels. The
present study reviews the most important objectives of both the monitoring of surface
waters and the principles of the WFD monitoring plan. Furthermore, we look at the
changes water monitoring in Germany has undergone over the past sixteen years
and we summarize monitoring results from German surfaces waters under the WFD.
Comparisons of European approaches for biological assessments, of standards set for
physical and chemical factors and of environmental quality standards for pollutants
reveal the necessity for further European-wide harmonization. The objective of this
harmonization is to improve comparability of the assessment of the ecological status
of waters in Europe, and thus also to more coherently activate action programs
of measures.

Reprinted from Water. Cite as: Arle, J.; Mohaupt, V.; Kirst, I. Monitoring of Surface
Waters in Germany under the Water Framework Directive—A Review of Approaches,
Methods and Results. Water 2016, 8, 217.

1. Introduction

Water management poses a major challenge in many densely populated
countries throughout the world. In Europe, and due to the WFD [1], stewardship of
water resources is of paramount importance now and in the future. The major aim of
the WFD is to reach good water quality in all European waters by managing water
bodies, i.e., lakes, rivers, groundwater bodies, transitional waters and coastal waters
by 2027 at the latest. Official implementation of the WFD started on 22 December 2000
and marked the beginning of a new era in European water management. The WFD
declares a unified and harmonized water protection framework for all European
countries. Unified in this context means that European waters have been consolidated
into large river basin districts managed collaboratively by the Member States (MS)
concerned. The successful management of such river basin districts across national
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boundaries necessitates efficient collaboration in a spirit of partnership between all
MS concerned. Hence the WFD aims at harmonized water protection regulations
within the European Union (EU). The monitoring and management unit of the WFD
is the “water body”. It is defined as a discrete and significant element of surface
water, which is uniform in type and status.

2. The Monitoring Program and Its Objectives under the WFD

The WFD monitoring program aims at collecting data for a status assessment
and at controlling the efficiency of water protection measures applied. This is the
reason why monitoring results have to facilitate resilient and reproducible statements.
Annexes II and V of the WFD specify a comprehensive assessment and monitoring
plan for waters. Annex V of the WFD specifies in depth the minimum requirements
of the monitoring itself. Key aspects here include the monitoring types and objectives,
the choice of monitoring sites, the quality elements (QEs) to be monitored, and the
required monitoring frequencies ([1] compare Annex V 1.3). Pursuant to Article 7
WFD, the MS have to ensure that monitoring programs are set up to allow for a
continuous and comprehensive view of the status of waters. By 22 December 2006,
applicable monitoring programs had to be produced. The results of the pollution
inventory of 2004 were the basis for drafting the first monitoring programs. For the
purpose of ensuring consistent monitoring programs all over Germany, the German
Working Group on Water Issues of the Federal States and the Federal Government
(called Bund/Länder Arbeitsgemeinschaft Wasser, LAWA) compiled a conceptual
framework for drafting monitoring programs and assessing the status of surface
waters (called “Rahmenkonzeption Monitoring”, RAKON). The essentials of this
assessment and monitoring approach were implemented through the Ordinance for
the Protection of Surface Waters ([2] Oberflächengewässerverordnung, OGewV) as
of 20 July 2011 (Federal Gazette I, page 1429). This ordinance, which will be updated
in 2016, sets up, among others, environmental quality standards (EQSs) for certain
substances and outlines monitoring programs. It furthermore specifies sampling
sites across the different water categories, determines how and how often samples
have to be taken and sets the assessment rules for water status on the basis of the
monitoring results. The monitoring results are presented in a management plan
that is submitted to the EU-Commission. If the aims of the WFD, i.e., the “good
ecological status” or “good ecological potential” and the “good chemical status” are
not reached, measures have to be planned and subsequently implemented (cf. [3,4]).
German status assessments for surface water bodies are based on data from the
monitoring programs. For surface water bodies, ecological status or ecological
potential is to be assessed using different assessment methods in accordance with the
biological quality elements (BQEs): Fish fauna, benthic invertebrates, macroalgae,
phytobenthos and phytoplankton. Finally, the worst assessment result for the BQEs
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is used as the overall assessment result (the “one-out-all-out” principle, meaning
that the worst assessment result for a BQE determines the overall assessment result).
The classification scheme for the ecological status of water bodies includes five status
classes: 1: very good, 2: good; 3: moderate; 4: poor and 5: bad. For Classes 3 to 5,
measures need to be implemented to reach the WFD objectives. Heavily modified
and artificial waters are distinguished from natural waterbodies by the WFD. These
were either created artificially (e.g., a canal), or their structure has been modified
so extensively that a “good ecological status” can no longer be achieved without
significantly impairing an existing, economically significant water use that cannot be
achieved by other means. For such waters, the environmental objective of a “good
ecological potential” has been defined, which requires improvements to be made
to the hydromorphological pressures without impairing non-substitutable water
uses. In Germany, 50% of all surface water bodies were classified as heavily modified
(35%) or artificial water bodies (15%). The WFD objective “good chemical status”
applies to natural, artificial and heavily modified water bodies and the chemical
status is determined by compliance with Environmental Quality Standards (EQSs)
for several pollutants with European-wide significance Moreover, together with
the BQEs so called supporting QEs are assessed: River basin-specific pollutants
(RBSPs), physico-chemical QEs (e.g., temperature, oxygen, pH, nutrient conditions)
and hydromorphological QEs. These supporting QEs are classified as “good” or
as “less than good”, according to good-moderate boundaries, which were defined
for most of these QEs for different water body types in each water category. The
requirements for achieving the overall “good ecological status” are (1) that all BQEs
must reach the “good status” (Class 2 or better); (2) all EQSs (with defined threshold
concentrations) of RBSPs should not be exceeded (“good”) and (3) values for other
physico-chemical supporting QEs and hydromorphology must fall within a range
that allows for good ecosystem functionality (“good ecological status”).

Chemical status of water bodies is classified as “good” or “not good”. The
chemical status is determined from the defined EU-wide EQSs for the 33 priority
substances listed in the WFD and 8 other substances regulated on a European-wide
basis under the older Directive on pollution caused by certain dangerous substances
discharged into the aquatic environment (Directive 2006/11/EC, formerly: 76/464.
The provisions of the Environmental Quality Standard Directive 2008/105/EC and
the Nitrates Directive were adopted into Annex 7 of the Surface Waters Ordinance
in 2011. The environmental quality standards Directive 2008/105/EG was updated
in 2013 (2013/39/EU), and now regulates a total of 45 priority substances, which
shall be included into the German Surface Waters Ordinance by 2016. The standards
for the new priority substances will come into force in 2018. Additional standards
for eleven “old” substances have been amended. Currently a prioritization process
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under the WFD is going on to select 12 to 15 new substances for the priority substance
list. The selection criteria for substances are:

‚ an EU-wide relevance, this means an EQS exceedance in more than three MS in
surface waters and

‚ a detailed substance dossier take into account state of science and the criteria for
EQS derivation from the CIS Technical Guidance Document No. 27 for deriving
EQSs [5].

The prioritization process based on three aspects:

‚ the monitoring based exercise [6],
‚ modeling based exercise [7] and
‚ substances which are high ranked in the last prioritization but not finial

prioritized because of a lack of evidence or monitoring data.

One of the major challenges in the prioritization was the quality of monitoring
data from the different sources (MS, scientific research and online databases). The
minimum data requirements were substance name, CAS-No., unit, date, limit of
quantification (LoQ), limit of detection (LoD), water category (river, lake, coastal),
matrix of measurement (biota, sediment or surface water) and the identity of
monitoring station. Furthermore, additional criteria like “LOQ is lower than EQS”
which was only fulfilled by less than 20% of the monitoring data, were used. The
main problem were missing LoQ and LoD values in the monitoring data set. The
reasons for missing data in the data set was not evaluated until now.

With this framework the monitoring programs of the WFD essentially aim at:

‚ controlling the water status and level, up to which environmental objectives are
being complied with;

‚ observing long-term natural and anthropogenic developments and
identifying trends;

‚ ascertaining extent and effects of pollution and changes;
‚ creating the basis for planning measures, reporting and the efficiency review of

measures implemented;
‚ gauging the effectiveness of water protection measures on the basis of

quality data;
‚ preventing potential dangers to human health.

The above aims require different monitoring methods, which are uniformly
regulated throughout the Federal Republic of Germany by the Surface Waters
Ordinance [2]. According to their purpose, these methods imply differences in
monitoring density, in the number of parameters to be investigated, in the spatial area
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and in the measurement frequency. Article 7 of the WFD differentiates between the
following monitoring methods: Surveillance monitoring, operational monitoring,
and investigative monitoring.

Surveillance monitoring predominantly ensures the assessment of the overall
surface water status within a river basin or sub-basin of a river basin district.
Thus, it is especially suited for identifying large-scale and long-term trends in the
development of water quality. The German Federal States specified more than
500 monitoring stations for surveillance monitoring of surface waters (Table 1).
The surveillance monitoring network is wide-meshed (with a catchment area of
up to 2500 km2 per monitoring site), but must be representative of the assigned
hydrological unit and must be permanent in time. The selected monitoring sites
are designed to provide an integrative view of the overall status of the assigned
hydrological unit and enable researchers to gauge target achievement in the region.
Mostly, they are located in the main flows of the major rivers and at the inflow
of major tributaries. In case they represent a pressure to the relevant water body,
biological, hydromorphological and physico-chemical QEs, RBSPs and substances
relevant for the classification of the chemical status of waters have to principally
be measured at the monitoring sites for surveillance monitoring [8]. Surveillance
monitoring sites usually measure all the QEs of ecological status, i.e., biological,
hydromorphological, chemical and physico-chemical QEs. BQEs are investigated at
least twice during each six yearly river basin management plan period. RBSPs must
be monitored if discharged in significant quantities. Furthermore, priority substances
that are relevant for the classification of chemical waterbody status must also be
measured if discharged into the respective waterbody.

Table 1. Number of monitoring stations for different monitoring types and
categories of surface waters in Germany. Data source: Federal Environment
Agency (Umweltbundesamt) data from the Working Group on Water Issues of
the Federal States and the Federal Government (LAWA). Data origin: Reporting
portal WasserBLIcK/BfG as of 22 March 2010 after Mohaupt et al., 2012 [9] and
reporting portal WasserBLIcK/BfG as of November 2015.

Type of Monitoring and Year Streams & Rivers Lakes Transitional Waters Coastal Waters

Surveillance
monitoring

2010 290 67 5 32
2014 318 127 42 76

Operational
monitoring

2010 7252 449 20 100
2014 12,342 711 13 76

Investigative
monitoring

2010 375 0 0 0
2014 1074 25 0 0

Operational monitoring is the tool for assessing the status of those water bodies
that probably may not meet the environmental objectives. It is also used to control
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whether measures have been successfully implemented. Germany has delineated
nearly 10,000 water bodies out of its rivers, lakes, transitional and coastal waters
and more than 13,000 monitoring stations for the operational monitoring of surface
waters have been specified (Table 1).

Hence, operational monitoring is the main focus of surface water monitoring.
Along rivers and streams, an average of one monitoring site is to be found every
10–15 kilometers and the average size of the delineated stream and river water
bodies is 15.2 km (median = 8.7 km; min < 1 km; max = 242 km). This means
that there may be several monitoring sites along one water body. The operational
monitoring generally deals with those biological, chemical and physico-chemical QEs
that indicate the presence of pressures significant to the status of the water bodies
being assessed [9] and that are indicative of the cause of pollution. In Germany, the
operational monitoring sites are analyzed as set out in Table 2.

Investigative monitoring is necessary if the reasons as to why the water quality
of a particular water body could not be assessed as “very good” or “good”, or in
order to ascertain the magnitude and spatial scale of impacts of accidental pollution.
It applies, e.g., to unforeseen accidental discharges of pollutants or to sudden fish
mortality in the water body. This is the reason why there are currently only 1074 sites
of this kind installed in German surface waters.
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3. Selection of Monitoring Sites

In general, the monitoring sites are selected by regional water managers.
The selection of the monitoring sites is based on estimates with respect to the
representativeness of a monitoring site for the specific water body. The term
“representativeness” is not quantitatively defined. With respect to selecting monitoring
sites, the following questions had and still have to be answered or continuously checked:

‚ How many monitoring sites are necessary to obtain reliable assessment results
for each water body?

‚ Where to place monitoring sites to be sure that they really are representative of
an entire water body?

‚ What assessment uncertainties can be expected and to what extent will
they appear?

‚ In how far does the natural variability of biocenoses influence the
assessment results?

‚ Going beyond the minimum requirements of the WFD, should the number
of monitoring sites and the frequency of measurement be adjusted to the
predominant pressures on a water body?

Many of these questions persist to date. The challenge now is to answer
these questions as to the basis of experiences gained from monitoring and on the
basis of additional analyses of monitoring data, both being part of an adaptive
management process.

4. Monitoring Frequencies

Minimum requirements for monitoring frequencies and intervals for the quality
elements of the ecological status and the chemical status as defined by the WFD
are listed in Table 2. BQEs relevant for the assessment of the ecological status
are generally reviewed at least every three years per monitoring site during
operational monitoring. Hydromorphological and physico-chemical QEs are
only used as supporting elements in the assessment of the ecological status and
to provide supporting indications of major pressures in a specific water body
(i.e., hydromorphological degradation, organic pollution or eutrophication), which
is important for the subsequent determination of measures. The basic idea of this
assessment philosophy is that the “biological community”, as represented by the
BQE´s, is seen as the all-integrating element that reflects abiotic conditions and their
interplay (natural factors and anthropogenic pressures). RBSPs are assessed within
the context of a classification of ecological status. They are defined as pollutants
that are discharged in significant quantities. The MS must derive EQSs to protect
the aquatic community on the basis of longer-term ecotoxicological effect data
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([1] compare Annex V, 1.2.6). In Germany, substances discharged into freshwaters
leading to concentrations of more than half the EQS at representative monitoring
sites were defined as “significant” and legally binding EQSs have been specified
for a total of 162 RBSPs. Up to now, compliance with EQSs is verified using annual
averages. EQSs for the ecological status of surface waters are defined on the basis
of an EU chemical assessment as prescribed in Annex V, 1.2.6 of the WFD [1]. Valid
long-term tests regarding the substance’s effects on organisms at different levels
of the aquatic food chain, i.e., algae, invertebrates and fish, are compiled, and the
most sensitive of these values is selected. However, as organisms in nature may be
even more sensitive than those used to perform the laboratory tests, this value is
divided by a safety factor in order to calculate the EQS. If valid long-term toxicity
tests are available for all levels of the aquatic food chain, this factor is generally 10.
If data are missing, it will be 100 or greater. The quality element RBSPs can lead,
in contrast to hydromorphological and physico-chemical QEs, to a downgrading of
the ecological status. Exceedance of even just one EQS for RBSPs in a specific water
body means that the ecological status (or ecological potential) can only be “moderate”
(Class 3), even if the biological quality elements are all “good” or above. Monitoring
frequencies are increased if considered necessary for a reliable and accurate statement
on status. A QE can be exempt from assessment if it proves impossible to define
reliable reference conditions due to the high degree of natural variability in a specific
water body type. For RBSPs that are emitted in significant quantities, sampling
should be carried out at least once every three months, and for pollutants relevant
to chemical status at least once a month, unless higher frequencies are required for
a reliable and precise assessment of status. If the EQS of a RBSP is exceeded, the
substance will remain in the monitoring program until the monitoring results show
that this substance is no more relevant in the water body concerned.

5. Modifications in Water Monitoring due to the WFD

Due to the specifications of the WFD, water monitoring has strongly changed
over the past 15 years. In particular, this has affected

‚ the change monitoring focus (more biology and fewer individual substances);
‚ the temporal rate and areal scope of biological water monitoring;
‚ the range of BQEs monitored;
‚ the development, improvement and addition of biological assessment methods;
‚ and the level of standardization and harmonization of biological

assessment methods.
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Due to the WFD specifications, European water monitoring no longer focuses on
the primary monitoring of saprobity, nutrients and pollutants, but concentrates on a
comprehensive, integrative assessment concept which gives priority to biological QEs
being indicators for the overall assessment of influences on the aquatic environment.
Furthermore, the assessment includes both physical and chemical factors serving as
supporting QEs and RBSPs as well as the hydrology and hydromorphology. Thus,
monitoring and assessment of the water status under the WFD pursue a noticeably
more holistic approach than in the past [10].

6. Changes in the Temporal Rate and Areal Scope of Biological
Water Monitoring

Analyses by Beck et al. [11], which are based on data by the European
Environment Agency (EEA) between 1965 and 2005, strongly indicated that water
monitoring intensity, scope and extent in Europe distinctly increased over the past
40 years. In the course of the implementation of the WFD, the temporal rate and
areal scope of German biological water monitoring continued to noticeably rise in
the past 13 years. However, individual MS often feature considerable differences
regarding monitoring density and sampling frequency [12]. Nevertheless, it is
difficult to exactly quantify the degree to which European water monitoring has
intensified. This is because the monitoring and assessment of the environmental
state of European waters are performed by regional and national authorities, and the
results are summarized for the state of the environment (SOE) assessments by the
EEA at river basin district scale. SOE reporting covers many but not all monitoring
sites of the MS resulting in an underestimation of monitoring activities. However,
to our knowledge the EEA database forms the most comprehensive overview of
freshwater monitoring activities in Europe. As of May 2012, the EEA database [13]
included information on the water quality from

‚ more than 10,000 monitoring sites along running waters in 37 European countries,
‚ 3500 monitoring sites in lakes in 35 European countries, and
‚ 5000 monitoring sites in coastal waters in 28 European countries.

In the context of implementing the WFD, MS designated more than 127,000
surface water bodies. Eighty-two percent of these surface water bodies are running
waters, 15% are lakes and 3% are coastal and transitional waters. Thus, the EEA
database includes information on the 2009 water status of each of these water
bodies, representing 1.1 million kilometers of running waters, about 19,000 lakes,
approximately 370,000 km2 of coastal and transitional waters and 3.8 million km2 of
groundwater bodies (cf. [13]).
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7. Changes in the Range of Monitored Biological Quality Elements

Traditional monitoring of inland waters in Europe focused on the investigation
of physical and chemical parameters. Prior to the entry into force of the WFD,
water management applied just a few differing biological methods to assess the
pressures on the water bodies (e.g., saprobic index). In the early 1990s, only
half of the European MS used biological assessment methods to complement the
monitoring of physical and chemical elements [14]. Today, monitoring under the
WFD comprises many more biological quality elements (aquatic flora, invertebrate
fauna and fish fauna) than formerly. Moreover, the monitoring frequency of biological
quality elements noticeably increased due to the strict specifications of the WFD.
Meanwhile, the volume of collected data available for the assessment of the water
status in Europe is nowhere near as comprehensive as that available hitherto. Such
a comprehensive picture of the flora and fauna of European waters had never
been gained before. At the same time, biological data collected under the WFD
monitoring may considerably support the implementation of other EU Directives
(e.g., Habitats Directive [15], Marine Strategy Framework Directive [16]). In this
context, the parallel and increasing collection of biological, physical and chemical
data is extremely important since it facilitates the further statistical analysis of
these data. In future, such data and analyses will increasingly be used to allow
the assessment of the relative importance of different pressures on water systems
for reaching good ecological status, which is an essential step towards prioritizing
management measures in multiple pressure situations and also contributes to a better
justification of their necessity.

8. Data Availability and Participation of Applied Sciences

Nowadays, many more German and European monitoring data are publicly
available than was the case in the past. This is due to strikingly increased
transparency regarding the publication of water monitoring results and to the
reporting obligations to the European Commission. Such increased transparency
might be considered a success of the WFD. The data collected within the framework
of the WFD are of great interest for applied water ecology as well. This interest finds
expression in an enormous number of scientific publications over the past years (cf.
Figure 1).
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Figure 1. Comparison of the cumulative number of scientific publications referring
to the Water Framework Directive (title, keywords, abstract) and other EU
Directives, International Conventions on the Protection of the Marine Environment
for the North Sea (OSPAR) and the Baltic Sea (HELCOM), the Habitats Directive,
and the Convention on Biological Diversity (CBD) (Source: www.scopus.com,
queried in December 2015).

9. Development, Improvement and Addition of Biological Assessment Methods

Numerous new biological assessment methods had to be developed to ensure
that the biological assessment is compliant with the WFD specifications (cf. [1]
Annex V, 1.2 Normative definitions of ecological status classifications). Hundreds of
scientists were involved and helped to develop, at European and national levels,
complex new sampling and assessment methods. In many MS, the development of
national assessment methods was delayed. Although the attributes and properties of
the “good ecological status” and the “very good ecological status” were precisely
defined as standards in the WFD annexes, the scientific community had to specify
these definitions, translating them into applicable methods in terms of indices and
metrics [12]. Many of the newly developed assessment methods have a modular
and multimetric design in common. It is intended to guarantee a pressure-specific
assessment and analysis by using trait-based metrics of different BQEs as indicators
of different pressures. The MS methods often differ with respect to the taxonomic
resolution of the assessment methods, the way reference conditions are defined,
interpreted or specified, and the indices and metrics applied with the method. In all
German assessment systems, the organisms are identified to the lowest taxonomic
level possible. Analyses of gathered WFD monitoring data sets have shown that the
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resolution of indication of trait-based metrics for lakes often work well, probably
because “eutrophication” is the most dominant pressure in these systems. In
river systems, with often multiple overlapping pressures acting, the resolution of
pressure indication on the basis of trait-based approaches in many cases showed
rather mixed results, making pressure prioritization much more difficult. One very
important requirement for the development of the biological assessment systems
was the differentiation of water categories into different types based on their natural
biocenosis. In addition to these biological characteristics, geological, geographical,
morphological and hydrological characteristics of the water categories were also
used in Germany to distinguish twenty-five stream and river types, fourteen lake
types, nine coastal water types and two types of transitional waters. As a result of
the WFD, water type-specific and pressure-specific biological assessment systems
are now the standard in Europe.

10. Level of Standardization and Harmonization of Biological
Assessment Methods

Whereas many sampling and analysis methods for physical and chemical QEs
were standardized long before the entry into force of the WFD and others became
standard all over Europe in the course of the implementation of the WFD (e.g.,
CEN), formerly none or only national standards (e.g., DIN, Deutsches Institut für
Normung/German Institute for Standardization) existed for biological assessment
methods in the EU. The WFD addressed requirements of the MS to develop national
assessment methods. By 2012, almost 300 assessment methods for biological quality
elements had been developed in Europe to implement the WFD [17]. This is
the reason why the WFD with its Annex V, 1.4.1 introduced a comprehensive
harmonization process called “intercalibration”. Its purpose is the establishment of
consistent ecological status thresholds for the good-moderate and very good-good
boundaries of the biological assessment systems by harmonizing the strengths of
the different national approaches to biological assessment, rendering the assessment
results comparable [18]. The biological assessment methods within the framework
of the WFD have been intercalibrated by means of comprehensive statistical and
numerical approaches. Class boundaries of the “very good” ecological status class
and the “good” ecological status class are compared and harmonized through the
intercalibration exercise. The three principal intercalibration methods developed
are described by Birk et al. [17]. Although leading not to complete comparability of
assessment systems in a mathematical-quantitative sense, allowing still considerable
variability, the whole intercalibration process highly encouraged, at the international
level, the exchange between experts on biological assessment methods, and thus
brought about increased levels of harmonization of ecological standards (but
for the good-moderate and very good-good boundaries only) relevant for water
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management at the European level. Major doubts on the level of comparability
attained by the biological intercalibration approach are for instance:

‚ The three different methods (direct comparison, indirect comparison, common
boundary setting with subsequent comparison; see Poikane et al. [19]) on
which intercalibration was carried out were never compared as to whether
they produce similar results.

‚ The so-called “intercalibration harmonization band”, which marks the upper
and lower limits of variability accepted by the intercalibration approach between
good-moderate boundaries of MS’s assessment methods, allows differences
of up to 0.5 classes, which is considerable when only five status classes are
being used.

‚ The “boundary bias”, which was used as the major criterion for the evaluation
of comparability, is defined as the deviation of a class boundary relative to the
common view of the MS (cf. Poikane et al. [19]). Because the MS “common view”
is defined via common metrics and by the global mean of all national assessment
methods, the results of the intercalibration completely depend on the common
or pseudo-common metrics selected, meaning that different metrics can lead to
completely different overall results.

‚ In many instances, intercalibration was carried out by using so-called “common
intercalibration metrics” as yardsticks for the comparison of different assessment
methods. This leads to an intercalibration of different methods along only one
dimension. This approach takes no account of the multidimensionality of the
(multimetric) assessment methods. As a result, the decision as to which of the
MS need to adjust their good-moderate boundary completely depends on the
“common intercalibration metric” used. Changing this “metric” can completely
change the result of the analysis.

‚ The intercalibration was carried out based on EQR values, which are defined
as a ratio between observed assessment results and the expected value under
reference conditions. An EQR = 1 marks the references status and EQR = 0
the most degraded one. Within the intercalibration approach, no method is
integrated to compare whether the MS have a truly similar or comparable
understanding of this “reference” and “most degraded” status. Without a
common and quantitatively comparable understanding of this reference status
no real comparability could be expected and the EQR scale used will mask
differences of this issue rather than allowing for transparency.

‚ In many cases, only one metric or module of the multimetric assessment systems
was harmonized instead of the whole system.

‚ Intercalibration was performed only at the BQE-level, but no comparison was
made between the good-moderate boundaries among different BQEs.

22



‚ Intercalibration was carried out within so called geographic intercalibration
groups (GIGs) and specific national typologies were forced into these much
coarser groups (intercalibration types), which increased the variability within
these groups and decreased the possibility of harmonization. In many
cases, only the assessment methods of a few national types were officially
intercalibrated. The grouping of specific national types, each with different
reference communities, into broader types inevitable led to variability which is
not controlled by the intercalibration methodology. The effects of this variability
on the intercalibration results have not yet been quantified. Intercalibration
of the same BQEs across geographic intercalibration groups (GIGs) and
intercalibration across different BQEs was not performed.

‚ Regression and correlation analyses used to describe the relationships between
“common or pseudocommon intercalibration metrics” and the national methods
take only the variation explained by the models (R2) into account and
R2 ě 0.5 are deemed acceptable for the comparison of different assessment
methods via intercalibration, but variation around the mean trend (uncertainty
level of national methods) was not taken into account.

‚ Checks for feasibility of intercalibration included tests of comparability of water
body types applied within each of the geographic group (GIG). In a considerable
number of cases, the comparability tests lead to different assumptions as to what
constitutes comparable national types within different GIGs.

However, the assessment strength of almost all German assessment methods
was comparable to those of our neighbor states (cf. Commission Decision of
20 September 2013 [20]). A third period until the end of 2016 will complete the
intercalibration of biological assessment methods of natural waters. To date, the
harmonization of the assessment of the ecological potential of heavily modified
water bodies at the European level remains to be completed. Within this activity,
comparisons are being made on the basis of measures implemented by the MS for
defined pressure categories (land drainage, water storage and others). Consequently,
future scientific improvements of biological assessment methods must to be adjusted
to the fixed and legally valid Commission Decision results. This may result in a
never-ending intercalibration process. On the other hand, continuous improvements
of biological assessment methods conflict with their role as decision-making tools
for status and therefore for measures as part of the management process. In extreme
cases, changes in the original assessment results could lead to results in the light
of which measures taken and investments made might appear unnecessary. This
would substantially lower their public acceptance. It is, therefore, important to
balance improvements of the assessment systems with the needs of administration
and management. Our opinion is that administration and management need
reliable assessment results, and repeated changes of assessment systems within
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short time-frames will decrease the chances of successful WFD implementation and
have large potential to lower public acceptance of the overall process. Consequently,
an important issue within an adaptive management strategy is to explore timescales
that are optimal for revisions and adjustments of the assessments systems.

11. Comparison of Supporting Physical and Chemical Quality Elements’
Monitoring at European Level

Good-moderate boundaries for physical and chemical quality elements were set
by the MS in order to reach a good ecological status of the biological communities.
Analyses based on data from 20 MS (cf. [21]) of the first reporting to the European
Commission on the river basin management plans in 2010 revealed that these
MS monitor many different physical and chemical QEs potentially as a result of
different national monitoring traditions. For rivers, 20 MS reported to monitor
32 different variables; for lakes, 16 MS reported to monitor 28 different variables;
for coastal waters, 12 MS monitored 24 different variables, and for transitional
waters 11 MS monitored 22 different variables (cf. Table 3 & Claussen et al. [21]).
Within one water category, MS monitored a differing number of supporting physical
and chemical variables (e.g., rivers: Slovakia and Poland monitored 16 variables,
Finland monitored just three variables, and Germany was in the mid-range with
nine variables). Total phosphorus, dissolved oxygen and total nitrogen were the
three physical and chemical QEs that were monitored most in Europe. Only very few
MS monitored hydromorphological variables. Good-moderate boundaries specified
by the MS often showed significant differences for many supporting physical and
chemical QEs. Figure 2 shows exemplary the high variability of the good-moderate
boundaries specified by the MS for total phosphorous and orthophosphate in
streams and rivers. In Figure 2, the order of MS from left to right on the x-axis
is based on maximum values observed and shall not be interpreted as a ranking,
because the differences among the MS may either be attributed to different river
typologies due to river sizes, climate, geology and geographical position or to a
different statistical information content or to different assumptions on reference
conditions (e.g., background concentrations) but also on different assumptions on
good-moderate boundaries which might reflect different ambitions of the MS on the
“good status”. Alternatively, the observed differences might also reflect different
interpretations by the MS on the levels of nutrients that are acceptable in order to
reach good ecological status or potential. To differentiate between reasons of variation
was not part of the analysis, but is part of the ongoing work at European level
within the CIS Working Group A on Ecological Status (“Ecostat”). Harmonization of
rules to set good-moderate boundaries for supporting physical and chemical QEs is
still necessary.
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Figure 2. Total phosphorus or orthophosphate values for good-moderate boundaries of ecological 
status in European streams and rivers. Filled circles = Total phosphorus as annual mean values or 
mean values for defined seasons or no entry. Open circles = Total phosphorus as 90 percentile values 
of annual measurements. Triangles = Total phosphorus median values. Filled diamonds = 
Orthophosphate/soluble reactive phosphorus as annual mean values. Open diamonds = 
Orthophosphate as 90 percentile values of annual measurements. Values provided by CZ, FR, BG, PL, 
LT, LU, CYP and IT are good-moderate boundaries set for “All rivers” (without typological 
differences). Multiple points for other MS denote good/-moderate boundaries set for different river 
and stream types. Sweden reported good-moderate boundaries as EQR (not shown). Spain reported 
a value with unknown unit of measurement (mg/L−1 or EQR). UK values refer to soluble reactive 
phosphorus. 

12. Comparison of RBSP Monitoring at the European Level 

At present, EU MS classify the ecological status under the WFD on the basis of a highly varying 
number of RBSPs ([22,23], Figure 3). Within the first management plan period, the Czech Republic 
and the Netherlands reported the highest number of RBSPs, i.e., 169 and 162 respectively. Germany 
came in third place, reporting 152 pollutants. Cyprus (three pollutants) implemented the lowest 
number of RBSPs (cf. Arle et al. [22]). At the European level, the mean of RBSPs amounted to 47 RBSPs. 
The EQSs were comparable between the MS in part, but there were also significant differences for the 
same pollutants. Irmer et al. 2014 [23] extended the comparisons made by Arle et al. [22] and found a 
total number of 452 substances regulated as RBSPs in the European Union. The average number of 
RBSPs per MS increased to 55 substances. Seven MS regulated more than the mean number of 55 
substances (Figure 3). One hundred and eighty nine substances were regulated by only one MS each. 
EQSs for 263 substances were regulated by at least two MS and thus enabled a comparison of EQSs. 
Copper and zinc were both regulated by 22 MS and thus were the most often monitored RBSPs in the 
EU and should be the first candidates for EU-wide regulation as priority substances within chemical 
status. 
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Figure 2. Total phosphorus or orthophosphate values for good-moderate boundaries
of ecological status in European streams and rivers. Filled circles = Total phosphorus as
annual mean values or mean values for defined seasons or no entry. Open circles = Total
phosphorus as 90 percentile values of annual measurements. Triangles = Total
phosphorus median values. Filled diamonds = Orthophosphate/soluble reactive
phosphorus as annual mean values. Open diamonds = Orthophosphate as 90 percentile
values of annual measurements. Values provided by CZ, FR, BG, PL, LT, LU, CYP and
IT are good-moderate boundaries set for “All rivers” (without typological differences).
Multiple points for other MS denote good/-moderate boundaries set for different
river and stream types. Sweden reported good-moderate boundaries as EQR (not
shown). Spain reported a value with unknown unit of measurement (mg/L´1 or EQR).
UK values refer to soluble reactive phosphorus.

12. Comparison of RBSP Monitoring at the European Level

At present, EU MS classify the ecological status under the WFD on the basis of
a highly varying number of RBSPs ([22,23], Figure 3). Within the first management
plan period, the Czech Republic and the Netherlands reported the highest number
of RBSPs, i.e., 169 and 162 respectively. Germany came in third place, reporting
152 pollutants. Cyprus (three pollutants) implemented the lowest number of RBSPs
(cf. Arle et al. [22]). At the European level, the mean of RBSPs amounted to 47 RBSPs.
The EQSs were comparable between the MS in part, but there were also significant
differences for the same pollutants. Irmer et al. 2014 [23] extended the comparisons
made by Arle et al. [22] and found a total number of 452 substances regulated as
RBSPs in the European Union. The average number of RBSPs per MS increased to
55 substances. Seven MS regulated more than the mean number of 55 substances
(Figure 3). One hundred and eighty nine substances were regulated by only one MS
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each. EQSs for 263 substances were regulated by at least two MS and thus enabled a
comparison of EQSs. Copper and zinc were both regulated by 22 MS and thus were
the most often monitored RBSPs in the EU and should be the first candidates for
EU-wide regulation as priority substances within chemical status.Water 2016, 8, 217 16 of 22 
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Figure 3. Number of river basin specific pollutants of the Member States as reported
to the EU Commission within the first management plan period (black bars after
Arle et al., 2012 [22]) and updated numbers based on MS requests (grey bars after
Irmer et al., 2014 [23]). Dotted line = mean number of substances used by the MS as
RBSPs, after Irmer et al., 2014 [23].

The divergence between highest and lowest EQS for the same substance is
exemplary for some substances visualized in Figure 4. All MS in question indicated
identical EQSs for 40 substances (about 15%). Minimum and maximum EQS values
for one third of the listed substances differ up to tenfold from each other. The
values of a little more than half (53%) of all substances differ from more than tenfold
to 105-fold from each other. Most of the differences observed seemed to not be
caused by differences in the safety factors used by the MS. Rather the differences
are indicative of differing approaches used by the MS to derive the EQSs. Under
the WFD, EQSs for RBSPs are derived according to rules set out in Annex V, 1.2.6
which should eliminate flexibility of standard values in future. In many cases, the
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results for other water categories (lakes, transitional waters and coastal waters)
also showed similar discrepancies between the highest and lowest EQSs for the
same substance. The number of RBSPs regulated by the MS in lakes, transitional
waters and coastal waters was considerably lower than those regulated in rivers.
Comparisons of the MS EQSs for different pollutants with PNECfreshwater—values
available at the official webpage of the European Chemicals Agency (ECHA) (cf. [24])
and the National Recommended Water Quality Criteria—Aquatic Life Criteria Table
of the United States Environmental Protection Agency (cf. [25]) indicate a generally
high international variability in the threshold levels for different pollutants that
are assumed to be protective of aquatic life. To ensure that the assessments of the
ecological status in the EU may be comparable and that programs of measures aiming
at reducing pollutant inputs into surface waters may coherently be initiated under
the WFD, harmonization, at the European level, of EQSs for RBSPs is needed.Water 2016, 8, 217 17 of 22 
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Figure 4. Divergence (in %) between minimum values and maximum values of
EQSs for RBSPs reported by different MS. 16 substances are shown exemplary.
Medium of measurement for the substances = water. Grey bars = values reported
by Arle et al., 2012 [22], Black bars = values reported by Irmer et al., 2014 [23].
Under the WFD, EQSs for RBSPs are derived according to fixed rules which should
eliminate flexibility in the determination of standard values. Similar to the quality
standards for substances under the chemical status classification, the EQSs for
RBSPs should show identical values.
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13. Results of WFD Monitoring in Germany and the EU

Figure 5 shows the assessment results of ecological status/ecological potential
of surface water bodies in Germany based on the preliminary drafts of the second
river basin management plan. The results are within the range observed during
the first management cycle. Of more than 9900 surface water bodies (including
rivers, lakes, transitional and coastal waters) only 8.2% actually reach good or very
good ecological status or potential, whereas >90% of all water bodies are classified
to be at a moderate, poor or bad status. Slight improvements of the ecological
status or potential in comparison to the assessment results of the first river basin
management cycle (2010, as reported to the Commission) occurred in the lower
classes. The number of water bodies at moderate status or potential increased,
whereas the number of water bodies at poor or bad status slightly decreased. The
final assessment results of the second river basin management cycle were submitted
to the Commission in 2016. The most common reasons for failing to achieve a
“good ecological status” are changes in hydromorphology of streams and rivers
and high levels of nutrient loads originating from agricultural land use. In 2014,
of the about 9000 streams and river water bodies, only 6.7% were in “very good”
or “good” ecological status or potential. For the individual river biological quality
elements higher percentages were at “very good” or “good” ecological status or
potential: 20.2% of monitoring sites for fish (n = 5918), 27.5% of monitoring sites
for macroinvertebrates (n = 8105), 21.3% of monitoring sites for macrophytes and
phytobenthos (n = 5647) and 58% of monitoring sites for phytoplankton (n = 241,
monitored in very large rivers only). These results show that the application of
the “one-out-all-out” principle has major effects on the overall assessment result.
The chemical status of all German water bodies is currently “not good”. This
is because of the ubiquitous distributed substance Mercury. It was found in all
water bodies. In addition the priority substances Cadmium, Nickel, Polycyclic
Aromatic Hydrocarbons (PAH), Tributyltin, Fluoranthene, Diruron, Isoproturon
measured in concentrations higher than the EQS in more than the half of the ten river
basin districts in Germany. Lead, Brominated Diphenylether, 1.2 Dichloorethane,
Anthracene, Bis(2-ethylhexyl)phthalate, Hexachlorobenzene, Hexachlorobutadiene,
Naphthalene, Nonylphenol, Octylphenol, Pentachlorobenzene, Tetrachloroethylene,
Trichlorobenzene, Trichloroethene, Trichloromethane, Hexachlorocyclohexane, DDT
and Chlorpyrifos exceeded the EQS in five or less river basin districts.
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Figure 5. Ecological status/ecological potential of surface water bodies in Germany.
Blue color = very good status; Green color = good status/potential; Yellow
color = moderate status/potential; Orange color = poor status/potential; Red
color = bad status/potential; Grey color = status/potential unknown. Source:
Federal Environment Agency after data from the German reporting portal
WasserBLIcK/BfG 2015.

In 2012, the European Environment Agency (EEA) presented several
comprehensive reports on the European monitoring results according to the WFD
(cf. [13]). These reports are based on assessments of both data that the MS had
conveyed to the EU Commission as part of official WFD reporting (WISE-WFD
database) and data the MS make available to the EEA on a one-year-cycle. According
to the evaluation of the first river management plans by the EEA, more than half of
the European surface waters are not at a “good ecological status“ or do not reach a
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“good ecological potential“ at present. On average, European rivers and transitional
waters show a considerably worse ecological status and are subject to noticeably
higher pressures than lakes and coastal waters [13]. As in Germany, many MS of
the EU identified diffuse nutrient inputs and hydromorphological changes as the
main pressures on European rivers. For the first river basin management cycle the
EEA has criticized the insufficient knowledge of the status of waters in Europe [13].
The chemical status, for example, of 51% of rivers and of 54% of the lakes was not
known in the EU due to the lack of data and assessments by some MS during the first
river basin management plan cycle. In sum, about 90% of the surface waters assessed
in Europe were at a good chemical status. Polycyclic aromatic hydrocarbons as well
as mercury, for example, are considered to be the main reason why rivers in the EU
fail to reach a good chemical status.

14. Using Biological Monitoring and Assessment Results to Determine Most
Important Pressures

According to the WFD, the BQEs (fish, macroinvertebrates, phytobenthos,
phytoplankton, macrophytes) and their assessment results are used in Germany
as indicators for a “coarse” identification of the potentially most important
pressures in a specific water body. For instance, fish is used as an indicator for
hydromorphological degradation and disruptions of the longitudinal continuity
in rivers, macroinvertebrates are used as indicators for organic pollution,
whereas phytoplankton and phytobenthos are used as the primary indicators for
eutrophication in lakes and rivers. The way to identify the relevant pressures
in a specific water body does not follow a legally binding approach and so
each stream manager can use his/her own knowledge. The identification of
the most important pressures via the BQEs can be validated by the assessment
of physical and chemical QEs (for instance pH, chloride, sulfate, phosphorous,
nitrogen, oxygen, TOC, variables for hydromorphological degradation, variables
for the extent of longitudinal discontinuity, and others). This often provides more
detailed information for the identification of potential measures for a specific water
body, which then should be subjected to economic analysis in order to check for
feasibility and proportionality (cost-benefit ratio). The experiences gained from WFD
implementation show that although the method described above is very useful to
determine “major pressures” at larger scales and key measures, at the local level of the
“water body” it sometimes is much more difficult to determine the most important
pressures. This is especially the case in river systems where multiple natural factors
and anthropogenic pressures act and interact. The resulting complexity does in
many cases strongly limit our ability to draw explicit conclusions on the “relative
importance of different pressures and natural factors” in a water body. Because of this,
a prioritization of measures to be taken against different pressures is also difficult,
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though required due to financial constraints for measures. Many problems also arise
from the questions of “how much of a measure is necessary?”, “to what extent must
a measure be taken in order to achieve good ecological status?”, the effectiveness
of a specific measure, and the selection of the measures with the best cost-benefit
ratios. This is especially the case for pressures resulting from hydromorphological
degradation, often because of uncertain correlative relationships with the ecological
status. For many large-scale pressures, which cannot be tested in the laboratory for
their effect on the biological community, pressure-response relationships are used
to determine “management thresholds” for the WFD based on correlation analysis.
However, because correlation does not necessarily imply causality, the derivation of
measures can be difficult. For most of the chemical pollutants the derivation of EQSs
is seen as much more reliable, because they are derived by extrapolating results to the
real world from laboratory toxicity tests on common standard organisms for single
pollutants. Although this is an international accepted strategy, some new results
based on data analyses of WFD monitoring data have partly called this strategy into
question [26]. The variability of EQSs for RBSPs presented in this review should not
be seen as a contradiction to this ecotoxicological approach. Rather, it appears to
be a result of inaccurate usage of the approach. A fundamental review of the way
of deriving EQSs for RBSPs listed by at least three MS could noticeably reduce the
divergence between the values, which in many cases differ by several degrees of
magnitude. An EQS database by the European CIS Working Group on Chemicals
(WG CHEM) could also contribute to reducing divergences, as could actions such
as the harmonization of EQSs of particular substances or groups of substances such
as herbicides, if effect values exist that are based on European-level certification.
Since only three MS reported to have used the CIS Guidance No. 27 of 2011 [5] to
select and derive EQSs for RBSPs, it will hopefully be harmonized in the course of
its further application. For this purpose, the developments should continuously be
monitored and recorded because a harmonized list of EQSs for RBSPs is important
to achieving the same “good ecological status” for all European surface waters and
to the coherent implementation of the WFD.

15. Summary and Conclusions

Biological water monitoring in Europe has noticeably intensified due to the
specifications of the WFD. Never before has a comparably comprehensive view of
the flora and fauna of European waters existed. The data collected under WFD
monitoring are a solid basis for future water management due to their large quantity
and high quality. The harmonization of assessment methods and management
approaches has notably progressed within the European Union, but it needs further
attention. German water quality has improved over the past 50 years. However,
further efforts and measures are necessary to reach the ambitious aims of the
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WFD by e.g., reducing nutrient losses from agriculture and by supporting natural
hydromorphology, but also by addressing other anthropogenic pressures.

To further improve freshwater management practice under the WFD, the
following topics need to be addressed by basic and applied research:

‚ The international harmonization of EQSs for pollutants,
‚ the interactions of multiple factors (natural factors and anthropogenic pressures)

and their effects on freshwater communities,
‚ effects of “land use” as a large-scale pressure and attempts to disentangle the

“land use—pressure bundle”,
‚ the estimation of the relative importance of different pressures in their effect

on the biological communities, in order to prioritize specific measures against
different pressures,

‚ the role of biological interactions on the ecological status (e.g., non-native species),
‚ the determination of the efficiency of measures against different pressures, and
‚ the question as to whether biological systems of freshwaters “can be managed”

or “can be restored” to a defined “ecological state”, which is determined by the
WFD as “slight deviation” from past reference conditions.
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Abstract: Implemented by a national law, the National Aquatic Ecological
Monitoring Program (NAEMP) has been assessing the ecological health status of
surface waters, focusing on streams and rivers, in Korea since 2007. The program
involves ecological monitoring of multiple aquatic biota such as benthic diatoms,
macroinvertebrates, fish, and plants as well as water quality and habitat parameters.
Taking advantage of the national scale of long-term aquatic ecological monitoring
and the standardization of protocols and methods, the datasets in NAEMP provide
many opportunities for various advanced comparative and synthetic studies,
policy-making, and ecological management. In order to realize these potentials
and opportunities, we have developed a RESTful API-based data management
system called OSAEM (the Open, Sharable and Extensible Data Management System
for Aquatic Ecological Monitoring), which is designed to be open, sharable, and
extensible. In this paper, we introduce the RESTful API-based data management
approach, present the RESTful API for the OSAEM system, and discuss its
applicability. An OSAEM prototype system is currently available on a commercial
cloud service (Amazon EC2) but the system remains under active development.

Reprinted from Water. Cite as: Jiang, M.; Jeong, K.; Park, J.-H.; Kim, N.-Y.;
Hwang, S.-J.; Kim, S.-H. Open, Sharable, and Extensible Data Management for the
Korea National Aquatic Ecological Monitoring and Assessment Program: A RESTful
API-Based Approach. Water 2016, 8, 201.

1. Introduction

Implemented by a national law, the National Aquatic Ecological Monitoring
Program (NAEMP) aims to assess the ecological health status of lotic environments
in Korea by means of biological health indices focusing on benthic diatoms,
macroinvertebrates, fish and aquatic plants [1]. Every six months, NAEMP has
been conducting ecological monitoring on a national scale at 960 sites (whose
number has grown from 540 in the beginning and will reach 3000 by 2018) in major
rivers and their tributaries since 2007. Protocols and methods are standardized for
monitoring and the same set of those standardized protocols and methods is used
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for collecting data at all the sites in NAEMP. The datasets from NAEMP are very
different from those produced by individual or group projects because of both the
national scale of the long-term aquatic ecological monitoring and the standardization
of the protocols and methods. The NAEMP datasets are so standardized that
they are highly comparable and easy to integrate. Therefore, the NAEMP datasets
provide many opportunities for various advanced comparative and synthetic studies,
policy-making, and ecological management, in addition to the ecological health
assessment of lotic water.

In order to realize such potentials and opportunities fully, effective management
and sharing of the ecological monitoring data is crucial [2–6]. However, the
development of a data management system for ecological monitoring is really
challenging because not only aquatic ecosystems per se but also approaches to
ecological studies are very complicated and diverse. Furthermore, the integration of
datasets from different ecological data management systems is even more challenging
due to the exponential combination of such complexity and diversity [7–9].

In this paper, we present a data management system called OSAEM (the
Open, Sharable and Extensible Data Management System for Aquatic Ecological
Monitoring) designed to facilitate and promote the sharing of NAEMP datasets.
Furthermore, the design of the OSAEM system focuses on enabling a variety of
software systems, rather than human users, to access the NAEMP datasets as easily
and flexibly as possible. Data management in the OSAEM system is based on the web
technology called the RESTful API [10,11]. There are a number of active efforts to
apply the RESTful API technology to the management of scientific and engineering
data [12–15]. In these efforts, the RESTful APIs are used to support the efficient
management of software services. As such, the conventional RESTful APIs are
service-oriented.

In this paper, we present a novel, data model–oriented approach to the RESTful
API. The data model–oriented RESTful API intends to make the management of
ecological monitoring data:

‚ Open. From the OSAEM system, potential users can easily find information
about what kind of data is available, what data models are applied to data, and
what services are provided for data, without in-depth understanding of the
internal design of the data management system. Such information is crucial for
ecological analyses and syntheses.

‚ Sharable. New programs (e.g., internal analysis code or external information
systems in other projects) can easily be developed to access datasets in the
OSAEM system. The interface to data services in the OSAEM system is well
defined and easy to use. Such service interface is crucial for integrating datasets
from different projects for synthetic analyses.
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‚ Extensible. Extensions or changes to the datasets in the OSAEM system
are easily and efficiently supported. For example, new categories of living
organisms, methods, or sites are easily added for the extension of monitoring
and ecological studies.

For the last three decades, there have been active research efforts to develop
data management systems for the sharing of ecological monitoring datasets [2,16–21].
In general, there are two kinds of approaches to data sharing: metadata-level sharing
and data-level sharing. In the metadata-level data sharing, metadata that satisfies
standards such as EML (Ecological Metadata Language) or Darwin Core are created
and shared [16,17,22–25]. Such metadata describes basic information (e.g., keywords,
locations, investigators, and related documents) about real monitoring data, but
usually fails to provide sufficient information about the specific data structures of
monitoring data. Therefore, this approach does not allow for the development of
software programs (e.g., analysis code) to process monitoring datasets automatically.
DataONE is a most notable example of this approach [16,17,21].

In data-level sharing, the data models (e.g., database schemas) for monitoring
data are defined and monitoring datasets are organized and stored in data
management systems according to the models. Since the data models are available,
this approach allows for the development of software programs to analyze datasets
automatically. CUAHSI is a most notable example of this approach [18,19].

However, this approach requires us to understand complicated data models,
software tools, and service interfaces in such data management systems. For example,
the CUASHI relational data model for ecological data called ODM (Observations
Data Model) consists of a large number of database tables. In addition, a large
number of various data services and software tools are provided and need to be
understood for the development of data analysis software [26].

As opposed to these conventional approaches, the RESTful API-based data
management approach in the OSAEM system combines data models and service
interfaces both logically and physically. This feature makes the RESTful API-based
approach really simple and intuitive to understand and to use. Furthermore, this
approach does not require special software tools to access the datasets in the OSAEM.
Generic software libraries or tools can be used. Therefore, the OSAEM system
significantly facilitates the sharing of ecological data.

In addition, there have recently been active research efforts to manage ecological
data as linked data in the global ecological research community [27,28]. However, the
OSAEM system does not yet support linked data because we believe the ecological
research community in Korea currently prefers ecological data in a traditional
database style. In spite of the current design, the OSAEM system can be easily
extended to support linked data because every data entity in the OSAEM system is
represented as a web resource with a unique URI (Uniform Resource Identifier).
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In this paper, we do not address issues in the design of databases in the OSAEM
system because data management is based on the RESTful API and the design of
databases is intentionally made transparent to the user or client software. This paper
is structured as follows. Section 2 provides a brief overview of NAEMP. In this
section, we discuss the potential opportunities and values of the NAEMP datasets as
reference data for various ecological studies and management. In addition, we raise
challenging issues about data management for NAEMP. In Section 3, we introduce the
RESTful API-based approach to data management. In Section 4, we present the main
features of the OSAEM system, focusing on the RESTful API: URIs, representations,
and services. The RESTful API is intended for programming, not for the human user.
In Section 5, we explain the web portal of the OSAEM to allow the user to access the
NAEMP datasets in a GUI-based, user-friendly manner. In Section 6, we conclude
this paper with discussions and future work.

2. Brief Overview of NAEMP

NAEMP monitors five major rivers and their tributaries in Korea due to a
national law. The program was established in 2007, and since then, the number
of sampling sites has grown from 540 to 960, covering the entire nation [1]. The
total number of monitoring sites will gradually increase to 3000 by 2018. Figure 1
shows the spatial distribution of monitoring sites in NAEMP. All the datasets
collected with the same standardized protocols and methods are comparatively
and synthetically analyzed in order to assess the ecological health status of the
national lotic ecosystem by means of developed biological health indices including
benthic diatoms, macroinvertebrates, fish, and aquatic plants [29–34].

Every six months, NAEMP monitors the physio-chemical and biological
parameters shown in Table 1. However, biological and habitat parameters (currently
fish, benthic diatoms, and macroinvertebrates) are the main criteria used to assess
the ecological health of the rivers and streams. At each monitoring site, the same set
of parameters is measured with the same set of standardized protocols and methods
during almost the same period of time. The locations of monitoring sites are chosen
in order to allow the datasets to be scientifically representative of lotic ecosystems
in Korea. The monitoring results at each site are quality-controlled during the lab
analyses. Some parameters are observed and recorded at the sites on standardized
forms (i.e., field survey forms).

The lab analysis results and field survey paper sheets are sent to the NAEMP
central data management team and organized into standardized spreadsheet files.
The NAEMP data management team manages those spreadsheet files in a centralized
manner. Figure 2 shows the data collection process for NAEMP.

Due to the standardized protocols and methods applied to every monitoring
site, the datasets in NAEMP have great potential and value as reference datasets
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for various ecological studies and management. However, NAEMP currently
lacks effective dataset management and data services for other ecological studies.
Currently, the datasets are managed as spreadsheet files (i.e., Microsoft Office Excel
files) in NAEMP. Excel Macro programs embedded in the dataset files are used
to generate biological health indices. Such spreadsheet file–based management of
datasets is very simple, easy, and flexible, but inevitably ad hoc and error-prone.
With this data management approach, it is very difficult to search for or locate
data items of interest in the datasets, to share only some parts of the datasets (e.g.,
excepting sensitive or private data) with other users or information systems outside
the NAEMP, and to support extensions to ecological monitoring such as the addition
of new living organisms, sites, or methods.
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Table 1. The parameters measured for fish.

Category Parameter Type Unit Method

Site Information

Water Basin Text
River Text

GPS/Address Text
Stream Type Text

Sampling Method Text
Weather Text Observe

Biological Factor

Species Text

Number of Species Numeric
Data Observe

Tolerance Guild Text
Trophic Guild Text
Habitat Guild Text

Protected Species Text
Exotic Species Text

Abnormal Individuals Text
Number of Abnormal

individuals
Numeric

Data Observe

Environmental
Factor

Substrata Structure Numeric
Data % Observe

Type of Water Flows Numeric
Data % Observe

Canopy Numeric
Data % Observe

Vegetation Cover Numeric
Data % Observe

Odor Text Observe

Plant Structure Numeric
Data % Observe

Land Use Numeric
Data % Observe

Depth Numeric
Data cm Measure

Stream Width Numeric
Data m Measure

Water Velocity Numeric
Data cm/sec Measure

Water Temperature Numeric
Data

˝C Measure

Conductivity Numeric
Data µS/cm Measure

Turbidity Numeric
Data NTU Measure

pH Numeric
Data Measure

DO Numeric
Data mg/L Measure
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NAEMP must address serious challenges with respect to data management,
in addition to converting the datasets in spreadsheet files to well-defined tables in
a database system. First, there are no universally acceptable standards for such a
national-scale, index-based ecological health assessment. Therefore, NAEMP has
actually been developing effective health indices over the years and may need
to change them for optimization (e.g., adding new living target organisms and
parameters, changing methods, or adding new sites) in the future. These changes
generally require substantial redesign of data models, data storage, and data services.
However, the amount of such redesign on the other components of the information
system (e.g., analyses, syntheses, or reporting) must be minimized.

Second, taking into consideration the fact that NAEMP continues to evolve or
advance in terms of not only the total size of the data but also science and technology,
there will be great potential or requirements for new analyses and syntheses for
the assessment of ecological health. Such new analyses or syntheses must be easily
testable, addable and supportable.

Finally, if the datasets in NAEMP are used as a kind of reference data for
other aquatic ecological studies in Korea, other users or information systems for
other projects outside NAEMP will need to access the datasets in NAEMP. For
example, there may be new synthetic analyses to integrate data from NAEMP and
those from other projects. Such data integration must be supported in an easy and
efficient manner.
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The OSAEM data management system is developed to address these challenging
issues. For the rest of this paper, we explain the main features of the OSAEM system,
focusing on the RESTful API and the web portal.

3. RESTful API-based Approach to Data Management

3.1. RESTful API

In this section, we briefly introduce REST (Representational State Transfer), a set
of architectural and design styles for software services on the World Wide Web, and
then present a novel data model–oriented RESTful API for data management [9]. The
REST styles are based on technical concepts such as web resources, URIs (Uniform
Resource Identifier), representations and services. Software services available on
the Web that satisfy these REST principles are called RESTful web services. The set
of resources, URIs (e.g., https://en.wikipedia.org/wiki/Fish), representations, and
RESTful web services is called a RESTful API [10].

More specifically, major REST principles relevant to data management are
summarized as follows:

‚ Resource-oriented. Everything that needs to be referenced or managed is treated
as a logical entity called a web resource (hereafter, just resource). A resource can
be either a real document (e.g., an HTML file or an image file) or a logical entity
associated with software services.

‚ Universally addressable. Every resource that is either a real document or a logical
entity has a URI assumed to be unique on the Internet. This URI allows the user
or the application software to refer and access the resource from any computer
on the Internet.

‚ Representation-based. Every resource including a logical entity associated with
a software service is presented and accessed as if it were a document (or a data
object). The document dynamically created by the associated software service
for the logical entity is called a representation. In REST, the data structure and
format of the representation for each logical entity must be well defined and
available to the public. The representation of a resource can be text data, binary
data (i.e., data understandable only to particular machines or software), an
image, an audio file, and a video. In REST, the most widely used syntax for
representations is JSON (JavaScript Object Notation) [35].

‚ Serviceable. The RESTful API assumes the HTTP protocol for communication [36].
In the HTTP protocol, the URI for a resource can be considered to be the Internet
address of software services associated with the resource. In the HTTP protocol,
four types of software services can be assigned to each URI: POST, GET, PUT,
and DELETE. The POST, GET, PUT, and DELETE types are intended for the
Create, Read, Update, and Delete operations, respectively.
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There are also some other architectural principles but since they are
system-specific, they are not covered in this paper which is intended to address data
management issues. Please refer to Roy Fielding’s article for a complete explanation
of REST principles [10].

We present Algorithm 1 and Figure 3 to illustrate how a RESTful web service
works. Algorithm 1 shows an example of a representation in JSON. A data object in
the JSON format is basically a list of key and value pairs enclosed by curly braces. A
key plays the role of a data field in a relational database. A value can be a number, a
Boolean value, a text string, another JSON object, or an array of JSON objects. Arrays
of JSON objects are enclosed by square brackets. Having a JSON object or an array
of JSON objects as a value allows JSON to support a hierarchical data model. In
Algorithm 1, the JSON data object consists of two key-value pairs where the keys are
“Name” and “Job”. The value for the key “Name” is another JSON object.

Algorithm 1 A representation in JSON.

{
“Name”: {

“firstName”: “John”,
“lastName”: “Smith”

},
“Job”: “Teacher”

}

Figure 3 shows how a RESTful web service works on the Internet. In this
example, a logical data entity or document (called a web resource, or just a resource
in REST) is assumed to exist for a certain person on a web server where the
entity has a URL (Uniform Resource Locator) or URI (Uniform Resource Identifier):
http://www.rest.org/person/1. In fact, the logical entity does not exist physically
on the server. However, if the URI of the logical entity is referenced on a web browser
(e.g., entered into the URL bar window), a new real document is dynamically created
from the database and returned by the web server as if the logical entity were a real
document. The dynamically created real document is called a representation in REST.

In this example, instead of simply returning a real document file in the file
system for the URI, the web server invokes the readPerson software service associated
with the URI, then readPerson generates a document dynamically, and finally the
web server returns the newly created document. In fact, readPerson obtains and
merges three data records from three DB (Database) tables (one record from each DB
table, respectively) into a new document (called a representation in REST) for the URI.
The syntax for data in this example will be explained in Section 4. In REST, software
services, therefore, appear as if they were documents. Such software services on web
servers are called RESTful web services (hereafter, just web services).
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3.2. Data Model-Oriented RESTful API

Conventionally, the REST principles and APIs are used to model and define
the interfaces for web services, although they have great potential for other kinds
of modeling. In this paper, we propose a novel approach to the RESTful API where
the REST principles are applied to the design of data models for data management.
The approach is called the data model–oriented RESTful API where services are not
explicitly defined but implicitly assumed.

The data model–oriented RESTful API is designed to support the following
resource model:

‚ Resource classification. Every resource is classified as either an instance resource
or a collection resource.

‚ Instance resource. Each individual resource is considered an instance resource.
Each instance resource has a unique URI and is accessed as a representation.

‚ Collection resource. A collection resource represents the set of all the instance
resources of the same type. Each collection resource also has a unique URI.

‚ Representation schema. The representation schema is defined to be the data model
or structure for the representation of a resource. The representations of all the
instance resources in a certain collection resource must be based on the same
representation schema. Syntactically, the representation schema is defined to
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be a list of key and data-type pairs enclosed by angle braces. However, the
representation schema (created only as a document) is currently intended to
help the user to understand the data models for resources, but is not used in
system implementation.

‚ Implicit CRUD (Create, Read, Update and Delete) services. According to the HTTP
protocol, each resource (its URI) is assumed to be associated with four types
of services: Create, Read, Update and Delete. The Read service for a collection
resource is designed to be a database query. The HTTP-based communication
allows each resource to be independently accessed by those services.

This resource model has several advantages over other conventional RESTful
APIs and data management systems.

‚ First, the resource model makes the RESTful API simple and intuitive to
understand and use. Although the REST principles allow a great amount
of generality and flexibility, they effectively do not enforce simplicity and
consistency. This resource model combines and unifies data models and services
logically and physically into only URIs and representations. The user can assume
the HTTP CRUD services for each resource.

‚ Second, the resource model makes the RESTful API look like a database system.
In fact, the resource model is logically similar to the database model. The
instance and collection resource are analogous to the database record and tables,
respectively. The representation schema is similar to the database schema.
The URI for a resource can be considered to be the key for a database record.
Therefore, this resource model can substantially help the software developer to
understand the design of data management and to develop analysis software.

‚ Third, the resource model is managed independently of underlying database
schemas that are usually much more complicated than the resource model.
Figure 3 illustrates the independence between the resource model and
underlying database schemas. Although the resource model looks like a
database model, it is in fact the model for service interfaces (i.e., RESTful APIs).
Both the resource model and the underlying database design can be changed
without affecting the other. This feature facilitates the support for hosting and
portability significantly.

‚ Finally, if the resource model is publicly open and available to any user or
information systems, no special custom-built software is required to access
datasets. There are generic HTTP protocol-based client libraries widely available
that can be used to invoke software services associated with the resources.
Therefore, when any research group wants to develop analysis software, they
do not need any special software from the NAEMP project and can easily
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develop their own analysis software only with publicly available generic HTTP
protocol-based libraries

Because of these advantages, the data model-oriented RESTful API can effectively
address the challenging issues in the sharing of ecological monitoring data discussed
in Sections 1 and 2.

4. OSAEM: The Open, Sharable, and Extensible Data Management System for
Aquatic Ecological Monitoring

In this section, we present a data management system for NAEMP datasets
called OSAEM (the Open, Sharable, and Extensible Data Management System for
Aquatic Ecological Monitoring) that is designed to support the data model–oriented
RESTful API in Section 3.

4.1. Resource Model

First, major data components of the NAEMP are modeled and managed as
instance and collection resources:

‚ Living organisms. Each individual species of fish, benthic diatoms and
macroinvertebrates is modeled as a resource. For example, fish species such as
“Lethenteron camtschaticum Tilesius” and “Cyprinus carpio Linnaeus” are treated
as separate resources in OSAEM. Since 150 fish species are currently monitored
in NAEMP, there are 150 resources in OSAEM. Currently, the OSAEM system
does not support datasets for benthic diatoms and macroinvertebrates.

‚ Sites and rivers. The individual sites where ecological monitoring is carried out
are modeled as resources. The rivers are also handled as resources. In NAEMP,
each of the 960 sites is currently considered a separate resource.

‚ Parameters and methods for observation. The individual parameters are treated
as resources. Therefore, this design requires all observation parameters to be
explicitly defined and registered. Similarly, the individual measurement and
analysis methods are managed as resources.

‚ Observation data. Each individual instance of observation is modeled as a separate
resource. For example, if the water temperature at a certain site is measured
10 times, the 10 measurement results are considered separate resources.

The instance and collection resources are managed as follows:

‚ Instance resources. A single data entity (e.g., an individual fish species or an
individual site) is managed as an instance resource. An instance resource is
logically analogous to a database record in relational databases.

‚ Collection resources. All instance resources of the same type are managed as
one collection resource. For example, the Fish collection resource is defined
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as the set of all instance resources for fish species. Currently, there are eight
collection resources in OSAEM: Fish, Site, River, Variable, Method, Source, Unit
and Observation. Collection resources are logically analogous to database tables
in relational database systems.

The organization of resources is illustrated in Figure 4 where two collection
resources (Fish and Site) and their instance resources are shown. In the example,
URI_BASE in URIs denotes the common prefix for every URI in OSAEM and is
explained in Section 4.2. URI_BASE/fishes and URI_BASE/sites are the URIs
of the Fish and Site collection resources, respectively. URI_BASE/fishes/1 and
URI_BASE/sites/1 are the URIs of instance resources for specific fish species and
site, respectively. The URI patterns are also explained in Section 4.2.
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Figure 4. Organization of instance and collection resources. URI_BASE is the
common prefix for every URI in OSAEM and is explained in Section 4.2. URI_BASE
= http://db.cilaboratory.org:8080/naemp.

4.2. URI Scheme

In OSAEM, we support a simple scheme for assigning URIs to the instance and
collection resources. This URI scheme intends to make the management of URIs
intuitive and predictable in spite of a large number of instance resources. The URI
scheme consists of:

‚ URI structure.
‚ URIs and URI patterns for the collection resources.
‚ System-assigned numeric IDs for the instance resources.

First, the structure of every URI consists of three components in OSAEM: the
URI base, the name of the collection resource, and, optionally, the system-assigned
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resource ID only for an instance resource. The URI base is the common prefix for
every URI in OSAEM. The URI base is composed of the Internet network address of
the web server (e.g., http://db.cilaboratory.org:8080/) and a web application name
(currently, just/naemp) added to indicate the NAEMP project. Scheme 1 illustrates
an example of the URI structure. Currently, the OSAEM prototype system is on a
web server whose Internet network address is http://db.cilaboratory.org:8080, but
the address will be changed to a permanent web server later. For the rest of this
paper, we use the symbolic keyword URI_BASE in every URI to denote the URI base.

Scheme 1. URIs and URI pattern.
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Second, the URI for every instance resource in the same collection resource is
based on the same pattern called the URI pattern. Therefore, each collection resource
is associated with the URI pattern shared by the instance resources. The URI pattern
for a collection resource consists of the URI for the collection resource and a variable
(i.e., a placeholder) for a system-assigned numeric ID for a specific instance resource.
In Scheme 1, the URI pattern for the Fish collection resource is URI_BASE/fishes/{id},
where {id} denotes a numeric ID for an instance resource. The URI for an instance
resource (i.e., a fish species) in the Fish collection resource is URI_BASE/fishes/1.

Together with their URIs and URI patterns, all eight collection resources are
listed in Table 2.
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Table 2. URIs and URI patterns for the collection resources.

Collection
Resources URI URI Pattern Number of Instance

Resources

Fish URI_BASE/fishes URI_BASE/fishes/{id} 159
Site URI_BASE/sites URI_BASE/sites/{id} 960

River URI_BASE/rivers URI_BASE/rivers/{id} 760
Variable URI_BASE/variables URI_BASE/variables/{id} 12

Unit URI_BASE/units URI_BASE/units/{id} 11
Method URI_BASE/methods URI_BASE/methods/{id} 5
Source URI_BASE/sources URI_BASE/sources/{id} 17

Observation URI_BASE/values URI_BASE/values/{id} 139567

4.3. Representation Schema

In OSAEM, a resource (either a real document file or a logical entity associated
with a software service) is handled as a data object (or a document) at run time.
Therefore, every resource must be defined and handled as if it were a real document.
For example, if a human user enters the URI of the resource for the fish species Arctic
lamprey (in fact, URI_BASE/fishes/1) into the URL bar of a web browser, then the
user will receive a document (i.e., data) for the resource. Figure 5 gives a snapshot of
a web browser window displaying the data for the fish species Arctic lamprey. Web
browsers do not print the data in a readable format with proper indentations and
line breaks; the same data is well formatted in Figure 6. Such a formatting service
(e.g., http://codebeautify.org/jsonviewer) is available online.

The realization of a resource as a document or data object is called a
representation. In RESTful APIs, resource representations can be based on various
formats: JSON, XML, HTML, or multimedia formats (e.g., PNG, JPEG, MP3, and
MP4). In OSAEM, JSON is used as the main data format for representations [35].
JSON is a simple text format in the JavaScript programming language but is widely
used for a variety of Internet services.

In OSAEM, the representation of every instance resource in the same collection
resource (e.g., the Fish collection resource) is based on the same data model or
structure called the representation schema, whose name was chosen to show its
resemblance to the database schema. The representation schema facilitates the
management of representations. In OSAEM, the representation schema is similar
to the JSON syntax but contains data types (enclosed by a pair of angled brackets)
instead of values.

In OSAEM, there are 14 representation schemas. Appendix A shows the list of
all the representation schemas. Algorithm 2 shows the representation schema for the
Fish collection resource. In fact, the representation schema simply shows the keys
and their data types. Figure 5 shows the representation for the fish species Arctic
lamprey based on the representation schema.
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Algorithm 2 Representation schema for the Fish collection resource.

{
“fishID”: <integer>,
“class”: <string>,
“order”: <string>,
“family”: <string>,
“species”: <string>,
“scientificName”: <string>,
“toleranceGuild”: <string>,
“trophicGuild”: <string>,
“habitatGuild”: <string>,
“invasiveSpecies ”: <string>,
“endemicSpecies ”: <string>,
“endangeredSpecies ”: <string>,
“naturalMonument ”: <string>,
“imageLink”: <string>,
“description”: < string>

}

The representation of a collection resource is simply the entire list of the
representations of all its instance resources. All the representations in the list must
conform to the representation schema for the collection resource. Algorithm 3 shows
a representation (many details are omitted) for the Fish collection resource that a
user can easily retrieve by entering its URI (URI_BASE/fishes) into the URL bar of
any web browser. Thus, it is really simple for a user to determine which instance
resources exist in a certain collection resource, as long as the user knows the URI
for the collection resource. However, the OSAEM does not allow the user or other
software to retrieve the representation of the Observation collection resource because
the number of instance resources in the collection resource is very large.

Algorithm 4 shows the representation schema for the Observation collection
resource. An instance resource of the Observation collection resource contains the
data collected from a single monitoring activity. The data includes a value (i.e., what
value was collected), a site ID (i.e., where monitoring occurred), an entity ID (i.e., what
species was monitored), a variable ID (i.e., what parameter was measured), and a
method ID (i.e., what method was used). Each of these (site ID, entity ID, variable ID,
and method ID) references an instance resource in one of the Site, Fish, Variable, and
Method collection resources, respectively. The real URI for each instance resource can
be automatically generated with such a system ID and the corresponding URI pattern.
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Algorithm 3 Representation for the Fish collection resource.

[

{ “fishID”: 1, “scientificName”: “Lethenteron camtschaticum Tilesius” . . . },
{ “fishID”: 2, “scientificName”: “Lethenteron reissneri Dybowski” . . . },
{ “fishID”: 3, “scientificName”: “Anguilla japonica Temminck and Schlegel” . . . }, . . .
. . .

]

Algorithm 4 Representation schema for the Observation collection resource.

{
"valueID": <integer>,
"dateTime": <string>,
"surveyYear": <integer>,
"surveyTerm": <integer>,
"dataValue": <double>,
"site": <integer (siteID)>,
"latitude": <string>,
"longitude": <string>,
"source": <integer (sourceID)>,
"entity": <integer (speciesID)>,
"variable": <integer (variableID)>,
"method": <integer (methodID)>

}

4.4. RESTful Web Services

In OSAEM, a resource is serviceable because its URI is associated with software
services. That is, the URI of each resource is used as the Internet network address for
those software services. In OSAEM, the following software services are provided:

‚ Four CRUD services (explained in Section 3.2) for every instance resource. The
CRUD services include the Create, Read, Update and Delete services. They are
used to manage instance resources.

‚ Query services for collection resources. Query services are used to search instance
resources of interest from collection resources.

4.4.1. CRUD Services for the Instance Resources

In OSAEM, every instance resource (i.e., each URI) is assumed to have a set of
four CRUD software services. Therefore, when instance resources must be managed
(e.g., create, read, update, or delete them), these services can be invoked. However,
the collection resources do not have their own CRUD services, with the exception
of the Read operation, because management of the collection resources is really
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critical and is supported only through a separate admin tool available to the human
system administrator.

In the system implementation, a set of CRUD services is in fact assigned to the
URI pattern for each collection resource, instead of the URIs of individual instance
resources, because the CRUD services are the same for every instance resource in the
same collection resource. In other words, every individual resource in a collection
resource shares the same set of CRUD services in the OSAEM system.

As explained in Section 3.2, software services associated with URIs are
invoked according to the HTTP protocol, which is the URI-based request-response
communication model. In the protocol, a client sends a URI-targeted request message
to a server; then the server carries out the request on the URI and returns the result
as a response to the client. In the protocol, there are four major request types: POST,
GET, PUT, and DELETE.

Figure 7 illustrates how CRUD services are associated with the resources for
Fish and invoked at runtime:

‚ First, the four CRUD services are associated with the URI pattern for the
Fish collection resource: URI_BASE/fishes/{id}. The CRUD services are
createFishSpecies, readFishSpecies, updateFishSpecies, and DeleteFishSpecies.

‚ Second, a client system generates CRUD service request messages for a
certain fish species according to the HTTP protocol and sends them to the
web server. The request message contains three components: the request
type (i.e., POST, GET, PUT, or DELETE for the create, read, update or
delete operations, respectively), the URI for the target resource, the header
information for attributes, and, optionally, the message body (usually a resource
representation). In this example, for the fish species Arctic lamprey, whose URI
is URI_BASE/fishes/1, HTTP requests are shown. The GET type of request
message consists of the string text for the request type (i.e., “GET”) and the
URI for Arctic lamprey. However, the POST type of request message contains
a special URI (that is URI_BASE/fishes/new) instead of URI_BASE/fishes/1
because the URI does not exist at the time of the creation request.

‚ Third, when it receives a HTTP request message for a URI, the web server
invokes a software service (in fact, a RESTful web service) according to the
request type.

‚ Finally, the web service (i.e., createFishSpecies for the POST request and
readFishSpecies for the GET request) performs the request operation and
generates a response message as a result. The web server then returns the
result to the client system. For the GET type of request message, the response
contains the representation of the target resource (i.e., Arctic lamprey).
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4.4.2. Query Services for the Collection Resources

In addition to the CRUD services for the individual management of each instance
resource, the OSAEM system also supports query services to search for instance
resources of interest through collection resources. The OSAEM system does not
support an official query language but, rather, a set of query services based on the
representation schema. These query services are associated with the URIs of the
collection resources because a query is a collection resource–level operation.

The logical model for a query is defined as follows:

‚ A query specifies how to select instance resources of interest from a target
collection resource.

‚ Syntactically, a query is logically defined to be a series of query conditions on a
representation schema where each query condition consists of a key and a list of
matchable values for the key (in fact, a JSON array object). Therefore, a query
itself is a JSON data object.

‚ The query result is a list of representations that match the query. The result is
generated as a JSON array.

Figure 8 illustrates the logical model for the query in OSAEM. In the figure,
the representation schema for the Site collection resource is shown on the left. Two
queries about the collection resource are given on the right. The top query consists of
only one query condition whose key is “siteName” and whose matchable values are
the list of two site names. The bottom query is composed of two query conditions
and those sites whose representations satisfy both queries are selected.
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The query model is supported in two ways:

‚ GET requests with URIs. In the HTTP protocol, a URI can have a number of
additional query conditions. In OSAEM (in fact, in conventional RESTful web
services), each query condition consists of a key and a value (any string).

‚ POST requests with queries in JSON. A query in JSON is directly submitted as
a POST request. Queries with complicated query conditions are difficult to
express in URIs. In this case, POST requests with queries in JSON are used
instead of GET requests with URIs.

First, queries based on the GET request take advantage of the query feature of
the URI syntax in the HTTP protocol. The HTTP protocol allows the URI to consist
of the address and the query parts. The question mark “?” is used as the delimiter to
separate the address and query parts in the URI. The query part consists of a list of
query conditions separated by the ampersand sign “&”. Each query condition is a
pair of a query parameter (in fact, a key in the OSAEM query model) and a value
combined with the equal sign “=”.

Algorithm 5 shows both an example of a query expressed as a URI for
the Site collection resource and the HTTP GET request message with the URI.
The query URI consists of the address part (i.e., URI_BASE/sites) and the query
part (“?riverID=1&riverID=3&streamOrder=6&streamOrder=7”). The query part
consists of two query conditions: “riverID=1, riverID=3” and “streamOrder=6,
and streamOrder = 7”. The riverID and streamOrder parameters are keys of the
representation schema for the Site collection resource and the repeated parameters
are recognized as an array for each parameter.
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Algorithm 5 GET request with URIs as a query for the Site collection resource.

http:/db.cilaboratory.org/naemp/sites?riverID=1&riverID=3&streamOrder=6&streamOrder=7

GET /naemp/sites? riverID=1&riverID=3&streamOrder=6&streamOrder=7
HTTP/1.1
Host: db.cilaboratory.org:8080

In comparison with queries based on the GET request, queries based on the
POST request are simple to create, but cannot be used in a web browser. They require
the HTTP software library to invoke queries. A query (in fact, a JSON data object) is
simply included as the message body of the POST request message. The use of the
POST request for querying is not exactly consistent with the conventional semantics
(i.e., the creation of a resource) for the POST operation recommended in the HTTP
protocol. However, since it is strongly recommended that the GET request not have
a message body, the POST request is often used for complicated queries.

4.4.3. Query Services for the Observation Collection Resource

In this section, we explain the query services for the Observation collection
resource in detail because those queries are the most important for the ecological
studies. Therefore, the collection resource requires a kind of relational database join
operation to compare and merge data from multiple collection resources. However,
the other collection resources in the project datasets have no direct relationships with
each other.

Figure 9 shows the relationships between the Observation and other collection
resources. For example, the join operation is needed for a query such as ‘select
observation data that is collected at the site whose name is “골치천 02”. In the
current design of the OSAEM system, such a join operation is not fully supported yet.
However, such a join operation can be easily programmed in OSAEM. Currently, only
some primitive join operations are available for the Observation collection resource:

‚ The query services for every Collection resource are extended to enable the join
mode. The join mode is enabled only for the Observation collection resource.
That is, no new join operation is added.

‚ When the join operation is enabled, the representation of an instance resource
in the Observation collection resource is automatically expanded to replace the
system IDs for instance resources in the other collection resources such as Site
and Fish and become their real representations.

Algorithm 6 illustrates the join mode for the Observation collection resource.
The only difference between queries with and without the join mode is whether the
query parameter “join” is added and set to “on”. The algorithm shows the result of a
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query with the join mode enabled. If the join mode is disabled in the query, then the
representation shown in Figure 9 is retrieved.

Water 2016, 8, 201 18 of 27 

 

 
Figure 9. Relationships between the Observation and other collection resources. 

 
Algorithm 6. Query with the join mode enabled: URI_BASE/values?valueID=44874&join=on. 

5. Web Portal 

In OSAEM, the RESTful API is intended for software (e.g., programming synthetic analysis 
code), not for the human user, although the user can test most of the services with only a web 
browser. The API will be used by not only a variety of analysis, visualization, and reporting software 

URI_BASE/values?valueID=44874&join=on 
{ 

"valueID": 44874, 
"method": { 

"methodID": 1, 
"methodName": "투망, 족대", 
"methodLink": null 

}, 
……. 
"dataValue": 62, 
"dateTime": "2012-09-25 00:00:00.0", 
"site": { 

"siteID": 1, 
"siteName": "골지천 02", 
……. 

}, 
……. 

} 

Figure 9. Relationships between the Observation and other collection resources.

Algorithm 6 Query with the join mode enabled:
URI_BASE/values?valueID=44874&join=on.

URI_BASE/values?valueID=44874&join=on
{

“valueID”: 44874,
“method”: {

“methodID”: 1,
“methodName”: “투망,족대",
“methodLink”: null

},
. . . . . . .

“dataValue”: 62,
“dateTime”: “2012-09-25 00:00:00.0”,
“site”: {

“siteID”: 1,
“siteName”: “골지천 02”,
. . . . . . .

},
. . . . . . .

}
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5. Web Portal

In OSAEM, the RESTful API is intended for software (e.g., programming
synthetic analysis code), not for the human user, although the user can test most of
the services with only a web browser. The API will be used by not only a variety of
analysis, visualization, and reporting software but also by information systems in
other projects for synthetic research. For the end user, OSAEM provides a web portal,
a user-friendly GUI system based on the RESTful API. The main goal of the OSAEM
web portal is to allow the user to access NAEMP datasets through an intuitive and
convenient GUI, instead of the programming-oriented RESTful API. However, the
OSAEM web portal uses the RESTful API explained in Section 4.

Currently, the OSAEM web portal consists of two major components:

‚ GUI services to manage the project datasets: the Fish, Site, River, Variable,
Method, and Source collection resources

‚ GUI services to search through the observation datasets (i.e., only the
Observation collection resource).

5.1. CRUD Services and Query Services for the Project Datasets

The web portal allows a human user to manage the project datasets via an
intuitive and interactive GUI as follows:

‚ First, the user selects a collection resource such as Fish or Site in the web portal.
Then, the web portal displays all the instance resources in the selected collection
resource on the web browser.

‚ Second, the user chooses instance resources of interest from the selected
collection resource.

‚ Finally, the user requests CRUD operations for those selected instance resources
in the collection resource. In the collection resource, the user can read, update,
or delete an existing instance resource (e.g., a particular fish species or site). In
addition, the user can create a new instance resource in the collection resource.

Figure 10 shows the GUI window of the web portal for the management of
project datasets. In the window, when the user selects the Project Management
button in the top command menu bar, the web portal shows the list of collection
resources for the project datasets in a pop-up window. If the user selects a collection
resource (e.g., Site) in the pop-up window, then the web portal displays all the
instance resources in the collection resource in a tabular form in the window. Since
the number of instance resources in the collection resources for project datasets is
small, the web portal displays all instance resources in the selected collection resource
in the GUI window at once.
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Figure 10 shows the snapshot of the GUI window displaying all the instance
resources in the Site collection resource. In this case, the web portal gets the data
from the OSAEM server by sending a GET request with “URI_BASE/sites” as the
URI. Then, the web portal in fact receives the representation of the Site collection
resource from the OSAEM server as the response shown in Algorithm 7.
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Figure 10. GUI window for the Site collection resource.

Once the instance resources are displayed in the GUI window, the user can read,
update or delete a particular instance resource in the window by clicking on the
corresponding button (i.e., the Detail button for Read and Update, and the Delete
button for Delete). In addition, the user can also create a new instance resource in the
collection resource by clicking on the add button. Figure 11 shows the detailed view
provided for a specific site when the detail button for the site resource is clicked.

Currently, the web portal does not support query services for project datasets
because their sizes are small. In other words, it always retrieves all the instance
resources from the OSAEM server and displays all of them in the window at once.
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Algorithm 7 Representation for the Site collection resource.

[
{

siteID": 1,
“siteName”: “골지천 02”,
“streamOrder”: 3,
“wqmn”: “골지천 1”,
address”: “강원도태백시사조동 상사미 2교”,
. . . . . .

},
{

siteID": 2,
“siteName”: “골지천 04”,
“streamOrder”: 2,
“wqmn”: “번천”,
“address”: “강원도 삼척시 하장면 숙암리 번천리측 지

류”,
. . . . . .

}
. . . . . .

]
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5.2. Query Services for the Observation Datasets

Although the RESTful API supports a variety of ways to search for observation
data, the OSAEM web portal currently allows the user to search for observation data
through the Observation collection resource in two ways:

‚ Site-based search. The site-based search is intended to support site-specific data
search and analyses. The user selects sites of interest in the GUI window. Then,
the web portal retrieves all the observation data collected at the selected sites
and displays them in a tabular form in the web browser.

‚ Species-based search. The species-based search is intended to support comparative
and synthetic data search and analyses. The user selects observation targets of
interest (e.g., fish species) in the GUI window. Then, the web portal shows all of
the observation data for those targets collected at all of the sites.

Selection of the Observation Data Search button in the top command menu bar
creates a pop-up window with two choices: Site and Species. If the Site menu is
chosen, the web portal displays all the sites and allows the user to filter out those sites
not of interest by specifying matching conditions about site attributes. In addition,
the user can specify times of interest. Then, the web portal retrieves the observation
data collected at those selected sites during the specified times.

Figures 12 and 13 show the GUI windows for the site selection and the display
of observation data collected at the selected sites during specified times. In the
web portal, the species-based search also works in a similar way. Those retrieved
observation datasets are displayed in a tabular form by default. In addition, they can
be graphically displayed in charts. Figure 14 shows observation datasets in charts.
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6. Discussion and Conclusions

In this paper, we presented the data management system called OSAEM (the
Open, Sharable, and Extensible Data Management System for Aquatic Ecological
Monitoring), developed to manage datasets from the Korea National Aquatic
Ecological Monitoring and Assessment Program (NAEMP) [11,29–34]. In NAEMP,
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the datasets are collected every six months from 960 sites according to standardized
protocols and methods (the number of sites will be increased to 3000 by 2018).
Therefore, they are highly comparable and easy to integrate with respect to both
species and sites, and provide great potential and many opportunities for advanced
comparative and synthetic analyses in various ecological studies and management.
However, the realization of such potential and opportunities requires effective data
management and sharing of the datasets from NAEMP.

The OSAEM system is designed to facilitate and promote data sharing of the
NAEMP datasets. In OSAEM, the management and sharing of the datasets are based
on web technology called the RESTful API (the set of resources, URIs, representations
and RESTful web services) [10]. In this paper, we explained how the NAEMP datasets
are modeled and managed as the RESTful API. The RESTful API for the NAEMP
datasets unifies the data models and service interfaces both logically and physically.
This feature significantly facilitates the design and implementation of the application
software (e.g., analysis code) to access the datasets.

In this paper, we presented two main features of the OSAEM system: the
RESTful API and web portal. In OSAEM, the RESTful API is mainly intended for
software rather than the human user, although it is very logical and easy for the user
to understand and test with only a web browser. In addition to the RESTful API, a
web portal is provided to help the human user access the datasets in the OSAEM
system in an easy and interactive manner. The web portal uses the RESTful API to
access the datasets in the OSAEM server.

With respect to data sharing, this RESTful API-based data management
approach has important advantages over the traditional database-based approach.
First, the data models in the publicly available RESTful API (i.e., instance resources,
collection resources, URIs, URI patterns, representation schemas, and web services)
are simple and intuitive to understand, and significantly facilitate the development of
software (e.g., analysis code and visualization code) to access the datasets. In the data
models, every entity or object (e.g., a fish species, a site, a parameter, or a method) in
ecological monitoring is explicitly referenced and can be individually managed with
URIs and representation schemas.

Second, the URIs for data objects (i.e., resources) in the RESTful API can be
directly invoked from any computer on the Internet without the installation of
any special client software. In other words, the same URIs are used not only to
identify data objects (e.g., a specific fish species) but also to invoke corresponding
software services. Furthermore, datasets can be easily accessed with simple, generic
HTTP clients including web browsers. In addition, the representation schema for
the fish species is both its logical data organization and the data format of the
response message from the service invocation. Therefore, data sharing can be
significantly simplified.
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For example, the URI for a fish species (e.g., URI_BASE/fishes/1) is both its
unique ID and the Internet network address of the software service used to access
the data for the fish species. With an ordinary web browser such as Google Chrome
or Microsoft Internet Explorer, any user can access most datasets easily by entering
URIs into the URL address bar of the web browser.

Finally, the data models in the RESTful API are not actual database schemas
but separate logical models supported by software web services, independent of the
underlying database schemas. This two-layered design of the data models makes
data analysis or visualization (i.e., using client or application software) independent
of the underlying database schemas, and therefore allows the underlying databases
to be extended or modified without affecting the software. For example, during the
development of the OSAEM prototype system, we have been able to modify the
underlying database schemas without changing the RESTful API at all, and vice versa.

However, the RESTful API-based data management in OSAEM currently has
some drawbacks and limitations that need to be further addressed in future work.
First, there is no explicit query language or engine available, although HTTP-based
CRUD services are provided for important and frequent types of queries. Therefore,
only a predefined set of queries can be supported and complex queries such as the
relational join operation are not available. If a new type of query is needed, then a
new web service must be developed.

Second, query processing requires more performance overhead because web
services for query processing cause additional performance overheads and are not
as optimized as database query engines. However, the size of the NAEMP datasets
(i.e., hundreds of thousands of data objects) is, fortunately, not large enough to cause
serious performance overhead on conventional server computers. These performance
issues will be addressed together with query engines in future work.

Third, the web portal currently allows the user to access a very limited subset
of services from the current RESTful API. Furthermore, a variety of analysis or
visualization code can be added to the web portal. Such extensions to the web portal
are planned for 2016.

Currently, there are no data sharing policies established in NAEMP. Since the
datasets are generated from the government program, they are generally assumed to
be open to everyone. However, effective data sharing requires well-specified policies.

Finally, there is currently insufficient support for management tools, and
especially little support for security such as authentication and authorization. For
example, the catalogs of resources and services are created and made available on
web pages in an ad hoc way in the current OSAEM system.

Currently, the OSAEM system is under active development to address and
improve the above issues and limitations. In addition, a prototype system is installed
and is being tested on the Amazon EC2 cloud service. The current prototype for
the web portal is available at http://db.cilaboratory.org:8080/naemp. The current
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prototype system supports the monitoring datasets for fish and water quality. The
addition of monitoring datasets for benthic diatoms and macroinvertebrates is
planned for 2016.
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Appendix A. Representation Schemas.

Collection Resources Representation Scheme

Fish

{
"fishID": <integer>,

"class": <string>,
"order": <string>,
"family": <string>,
"species": <string>,

"scientificName": <string>,
"toleranceGuild": <string>,
"trophicGuild": <string>,
"habitatGuild": <string>,

"invasiveSpecies ": <string>,
"endemicSpecies ": <string>,

"endangeredSpecies ": <string>,
"naturalMonument ": <string>,

"imageLink": <string>,
"description": < string>

}

Site

{
"siteID": <integer>,

"siteName": <string>,
"latitude": <string>,

"longitude": <string>,
"river": <integer (riverID) >,
"streamOrder": <integer>,
"streamGrade": <string>,

"address": <string>,
"image": <string>,

"standardStructure": <string>,
"wqmn ": <string>,

"description": < string>
}
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Collection Resources Representation Scheme

River

{
"riverID": <integer>,

"riverName": <string>,
"basin": <string>,

"waterSystem": <string>,
"midWatershed ": <string>,
"subWatershed ": <string>,
"classification": <string>,

"image": <string>,
"description": < string>

}

Variable

{
"variableID": <integer>,

"variableName": <string>,
"valueType": <string>,

"unit": <integer (unitID)>,
"description": <string>

}

Unit

{
"unitID": <integer>,

"unitName": <string>,
"unitNameLong": < string>

}

Method

{
"methodID": <integer>,

"methodName": <string>,
"methodLink": < string>

}

Source

{
"sourceID": <integer>,
"insttitution": <string>,
"investigator": <string>,

"phone": <string>,
"email": <string>,

"description": <string>
}

Observation

{
"valueID": <integer>,
"dateTime": <string>„

"surveyYear": <integer>,
"surveyTerm": <integer>,
"dataValue": <double>,

"site": <integer (siteID)>,
"latitude": <string>,

"longitude": <string>,
"source": <integer (sourceID)>,

"entity": <integer (fishID)>,
"variable": <integer

(variableID)>,
"method": <integer (methodID)>

}
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Transferability of Monitoring Data from
Neighboring Streams in a Physical
Habitat Simulation
Byungwoong Choi, Sung-Uk Choi and Hojeong Kang

Abstract: Habitat simulation models heavily rely on monitoring data, which can
have serious effects on the success of a physical habitat simulation. However, if
data monitored in a study reach are not available or insufficient, then data from
neighboring streams are commonly used. The problem is that the impact of using
data from neighboring streams has rarely been studied before. Motivated by this,
we report herein on an investigation of the transferability of data from neighboring
streams in a physical habitat simulation. The study area is a 2.5 km long reach located
downstream from a dam in the Dal River, Korea. Zacco platypus was selected as the
target fish for the physical habitat simulation. Monitoring data for the Dal River
and three neighboring streams were obtained. First, similarities in the data related
to channel geometry and in the observed distribution of the target species were
examined. Principal Component Analysis (PCA) was also carried out to see the
characteristics of the habitat use of the target species. Habitat Suitability Curves
(HSCs) were constructed using the Gene Expression Programming (GEP) model,
and improved Generalized Habitat Suitability Curves (GHSCs) were proposed.
The physical habitat simulations were then performed. The Composite Suitability
Index (CSI) distributions were predicted, and the impact of using data from the
neighboring streams was investigated. The results indicated that the use of data from
a neighboring stream even in the same watershed can result in large errors in the
prediction of CSI. The physical habitat simulation with the improved GHSCs was
found to best predict the CSI.

Reprinted from Water. Cite as: Choi, B.; Choi, S.-U.; Kang, H. Transferability of
Monitoring Data from Neighboring Streams in a Physical Habitat Simulation. Water
2015, 7, 4537–4551.

1. Introduction

A physical habitat simulation is a numerical tool that quantifies physical habitat
in terms of the flow depth, velocity, and substrate at a particular discharge for a
given stream [1]. Thus, it is capable of predicting the impact of a change in flow
on habitat availability for target species. Physical habitat simulations have been
successfully used to estimate the environmental flows in rivers [2–5], in designing
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a river restoration [6–8], to evaluate river health [9–11], and to assess the impact of
river works or river development [12–14].

For the success of a physical habitat simulation, acquiring relevant monitoring
data is important. This is because most habitat simulation models are heavily
dependent on the monitoring data [15–19]. However, a significant portion of previous
physical habitat simulations have used monitoring data from neighboring streams
due to the lack of sufficient data. The monitoring data include such physical habitat
variables as flow depth, velocity, substrate, and related issues. Obtaining monitoring
data is, in general, costly and time-consuming. For example, more than one hundred
physical habitat simulations have been carried out for streams in Korea. However,
only about 15% of these studies used data obtained for the actual stream being
studied [20,21]. The situation is not much better in the US [18,22–25].

The use of monitoring data from neighboring streams involves an implicit
hypothesis that the knowledge-based or data-based models constructed using data
from a neighboring stream are applicable to the stream being studied. The similarity
of HSCs between the study stream and neighboring streams has been studied by
many researchers [18,23,25–32]. However, the impact of using such data from
neighboring streams has rarely been investigated and a general and efficient solution
to this problem has never been proposed. This motivated the present study.

The goal of this study was to assess the impact of using data from neighboring
streams in a physical habitat simulation and to propose a generalized and efficient
Habitat Suitability Index (HSI) model using data from neighboring streams. For
this, a 2.5 km long reach in the Dal River, Korea was selected. This study reach
is a gravel-bed stream located downstream from a dam. For the physical habitat
simulation, Zacco platypus was selected for the target fish. Monitoring data from
three neighboring streams were obtained for the physical habitat simulations of
the study reach. Similarities of data for the channel geometry and for the observed
distribution of the target fish against physical habitat variables were studied. Physical
habitat simulations were carried out using the CCHE2D model and the HSI model
for hydraulic and habitat simulations, respectively. For the HSI model, HSCs
were constructed using the GEP model, and improved GHSCs were proposed
using the suitable range concept. First, the impact of using data from neighboring
streams in physical habitat simulations was examined quantitatively. Then, the
improved GHSCs were used to predict the CSI distribution, and simulated results
were compared.
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2. Materials and Methods

2.1. Study Area

Figure 1 shows the study area in the Dal River, Korea and its neighboring
streams. The Dal River is a mid-sized stream, a tributary of the Han River, and the
basin area is 682.41 km2. The study reach is 2.5 km in length and extends from the
Sujeon Bridge to the Daesu Weir. The Goesan Dam, located 0.92 km upstream from
the Sujeon Bridge, regulates the flow in the study reach. The Goesan dam discharges
water irregularly only for hydropower generation. As a result, the role of the Daesu
Weir is to maintain a constant flow during periods when the dam is not discharging
water. For the study reach, the discharges for drought flow, low flow, normal flow,
and averaged-wet flow are 1.82, 4.02, 7.23, and 17.13 m3/s, respectively [33].

Water 2015, 7 4539 
 

 

2. Materials and Methods 

2.1. Study Area 

Figure 1 shows the study area in the Dal River, Korea and its neighboring streams. The Dal River is 
a mid-sized stream, a tributary of the Han River, and the basin area is 682.41 km2. The study reach is 
2.5 km in length and extends from the Sujeon Bridge to the Daesu Weir. The Goesan Dam, located  
0.92 km upstream from the Sujeon Bridge, regulates the flow in the study reach. The Goesan dam 
discharges water irregularly only for hydropower generation. As a result, the role of the Daesu Weir is 
to maintain a constant flow during periods when the dam is not discharging water. For the study reach, 
the discharges for drought flow, low flow, normal flow, and averaged-wet flow are 1.82, 4.02, 7.23, 
and 17.13 m3/s, respectively [33]. 

 

Figure 1. The Dal River and its neighboring streams. 

2.2. Monitoring Data 

The three neighboring streams include the Hongcheon River, the Geum River, and the Chogang 
Stream, which are shown in Figure 1. For the Dal River and three neighboring streams, hydrologic, 
water quality, and fish monitoring data were collected for the period of 2007–2010 through government 
R&D projects [34,35]. To measure the water level and velocity, a radar water gauge and a price current 
meter were used, respectively, at the Sujeon Bridge. Dissolved oxygen and pH were measured using 
the handheld dissolved oxygen meter and pH meter, respectively. Turbidity was measured by turbidity 

Figure 1. The Dal River and its neighboring streams.

2.2. Monitoring Data

The three neighboring streams include the Hongcheon River, the Geum River,
and the Chogang Stream, which are shown in Figure 1. For the Dal River and
three neighboring streams, hydrologic, water quality, and fish monitoring data were
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collected for the period of 2007–2010 through government R&D projects [34,35].
To measure the water level and velocity, a radar water gauge and a price current
meter were used, respectively, at the Sujeon Bridge. Dissolved oxygen and pH were
measured using the handheld dissolved oxygen meter and pH meter, respectively.
Turbidity was measured by turbidity meter (PT-200). Fish monitoring was carried
out using cast nets and kick nets, revealing that dominant species in the study area
is a minnow (Zacco platypus), followed by dark chubs (Zacco temmincki) and swiri
(Coreoleuciscus splendidus). They account for 27%, 15% and 15%, respectively. In the
present study, the adult minnow was selected as the target fish. Since the monitoring
data includes the number of individuals, flow depth, velocity, and substrate, they are
habitat use data of Category II based on the criterion by Bovee [15].

2.3. Habitat Suitability Curves

In the present study, the GEP was used to construct HSCs. GEP takes advantage
of both the Genetic Algorithm (GA) and Genetic Programming (GP). The GEP uses
linear chromosomes with a fixed length and nonlinear parse trees with varied
sizes and shapes. The former is obtained from the GA and the latter from the
GP. Therefore, in the GEP, individuals are encoded as chromosomes, which are
then expressed as expression trees. The combination of these separate entities,
chromosomes and expression trees, enables the GEP to perform with a high degree
of efficiency compared to GA and GP.

For constructing HSCs, GeneXpro-Tools 5.0, a GEP software program developed
by Ferreira [36,37] was used. Four basic arithmetic operators (+, −, ×, ÷) and
some mathematical functions (power, abs, cos, tan, arctan, min, max) were used
with a combination of all genetic operators, including mutation, transposition,
and crossover.

2.4. Improved Generalized Habitat Suitability Curves

Maki-Petays et al. [25] introduced GHSCs for physical habitat simulations of
juvenile salmon in four rivers in Finland. They constructed GHSCs for each habitat
variable using the arithmetic means of the habitat suitability indices for the four
neighboring rivers. To smooth the curves, Maki-Petays et al. [25] used the distance
weighted least square method.

In the present study, a new method for constructing GHSCs by using the suitable
range concept is proposed. The improved GHSCs use the arithmetic means of the
HSCs of neighboring streams constructed by using data in a suitable range. The
suitable range, the concept of which was proposed by Thomas and Bovee [26], is the
range containing the central 95% of the occupied locations in the HSC.

The ranges of data for the Dal River and three neighboring streams are presented
in Figure 2 where the total range, suitable range, and optimum range are denoted by
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dotted, black and red bold arrows, respectively. The optimum range is the interval
containing the central 50% of the occupied locations in the HSC [26]. The suitable and
optimum ranges of the Dal River data are shadowed by black and red, respectively,
in the figure. It can be seen that the suitable and optimum ranges of the Chogang
Stream data are the most similar to those of the Dal River data.Water 2015, 7 4541 
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Figure 2. (a) Flow depth; (b) velocity. Suitable range and optimum range of data. 

2.5. Hydraulic Simulation 

CCHE2D, a numerical model for analyzing unsteady turbulent flows in an open-channel, was 
developed by the National Center for Computational Hydrosciences and Engineering at the University 
of Mississippi, US. The CCHE2D solves two-dimensional depth-averaged hydrodynamic equations 
using the efficient element method [38]. The continuity and longitudinal (x) and lateral (y) components 
of momentum equations are, respectively, given by: 

0yx
qqH

t x y

∂∂∂ + + =
∂ ∂ ∂

 (1)

( ) ( )

( ) ( ) ( )0

2

1 1               

x
x x

x fx xx xy

q g
Uq Vq

t x y

gH S S H H
x y

∂ ∂ ∂+ + +
∂ ∂ ∂

 ∂ ∂ = − + τ + τ   ρ ∂ ρ ∂   

 (2)

Figure 2. (a) Flow depth; (b) velocity. Suitable range and optimum range of data.

2.5. Hydraulic Simulation

CCHE2D, a numerical model for analyzing unsteady turbulent flows in
an open-channel, was developed by the National Center for Computational
Hydrosciences and Engineering at the University of Mississippi, US. The CCHE2D
solves two-dimensional depth-averaged hydrodynamic equations using the efficient
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element method [38]. The continuity and longitudinal (x) and lateral (y) components
of momentum equations are, respectively, given by:
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where H is the flow depth, U and V are the depth-averaged velocities in the x- and
y-directions, respectively, qx and qy are respective discharges per unit width (qx = HU,
qy = HV), g is the gravitational acceleration, ρ is the water density, S0i and Sfi are the
river bed slope and friction slope in the i-direction, and τij is the horizontal turbulent
stress tensor.

2.6. Method of Comparing Data and Results

For quantitative comparisons of geometric data of the streams, relative errors of
each component defined below were computed.

REi =
|φi_NS −φi_Dal |

φi_Dal
× 100 (4)

where Φi_Dal denotes the i-th geometric component of the Dal River and Φi_NS is the
same component of the neighboring streams. In addition, to compare the observed
and predicted CSIs, the following MAPE (Mean Average Percentage Error) is used:

MAPE =
1
n∑

|CSIo − CSIp|
CSIo × 100 (%) (5)

in which n is the number of data and CSIo and CSIp are the observed and predicted
CSIs, respectively.

3. Results and Discussions

3.1. Data Variability between Target and Source Streams

The Hongcheon River belongs to the Han River basin, the same as the Dal River,
whereas the other two belong to the Geum River basin. Detailed characteristics of
channel geometry and the substrate of the Dal River and neighboring streams are
given in Table 1. The shape factor, defined by the basin area divided by the length of
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the stream, in the table denotes the average width of the basin. It should be noted in
the table that the Geum River is a large-sized sand-bed river whose average slope is
mild compared to the other streams. The geometric components include basin area,
stream length, average width, mean elevation, and mean slope. Average values of
the relative errors of five geometric components in Table 1 are 51%, 357% and 25%
for the Hongcheon River, the Geum River, and the Chogang Stream, respectively.
This indicates that the Chogang Stream is the most similar to the Dal River in terms
of channel geometry.

Table 1. Characteristics of the data used.

Streams Number of
Datasets

basin Area
(km2)

Length
(km)

Average
Width (km)

Shape
Factor

Mean
Elevation

(EL.m)

Mean
Slope

Mean Diameter
of Substrate

(mm)

Dal River 468 682.41 82.8 8.30 0.10 381.00 1/650 102.3–165.9
Hongcheon

River 138 1566.2 140.2 11.17 0.08 423.00 1/550 35.1–148.0

Geum River 291 9912.15 397.8 24.92 0.063 217.03 1/2500 0.0097–1.70
Chogang
Stream 689 665.2 66.3 10.03 0.15 289.00 1/770 46.8–111.8

3.2. Habitat Use Characteristics of Freshwater Minnow and Constructed HSCs

The distribution of the Zacco platypus in the Chogang Stream is the most similar
to that in the Dal River (Figure 3). However, the target species in the Hongcheon River
and Geum River appears to be distributed differently. In the figure, the classification
scheme by Wentworth [39] was used for the substrate. Specifically, the ranges for
the high population of Zacco platypus in the Dal River are a velocity of 0.4–0.65 m/s,
a flow depth of 0.4–0.7 m, and a substrate of 4–6. However, in the Hongcheon River,
the target species are densely populated in the ranges of a velocity of 0.6–1.0 m/s,
a flow depth of 0.5–0.8 m, and a substrate of 2–4. In the Geum River, the ranges for
a high population are a velocity of 0.1–0.6 m/s, a flow depth of 0.2–0.6 m, and a
substrate of 2–5. The figure implies that monitoring data for the Chogang Stream can
be used acceptably for a physical habitat simulation of the target fish in the study
reach if data for the Dal River are not available.

In order to investigate the habitat use difference between the Dal River and
the three neighboring streams, Principal Component Analysis (PCA) was carried
out with seven variables, namely observed number of individuals, flow depth,
velocity, substrate, pH, DO, and turbidity. The total number of data is 1586.
A two-dimensional plot of PC2 versus PC1 is shown in Figure 4. It can be seen
that the data can be grouped into four, which is the number of streams in this study.
For PC1, the data for the Dal River lie in the range of −60–5. Ranges of data for PC1
are 10–60, 5–60, and −45–−10 for the Hongcheon River, the Geum River, and the
Chogang Stream, respectively. For PC2, the data for the Dal River, the Hongcheon
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River, the Geum River, and the Chogang Stream range from −30–40, −60–0, 0–70,
and 0–70, respectively. The results from PCA indicate that the pattern of the Chogang
Stream data is the most similar to that of the Dal River data, followed by the Geum
River data and the Hongcheon River data.
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Figure 3. Observed distribution of Zacco platypus against velocity, flow
depth, and substrate for (a) Dal River; (b) Hongcheon River; (c) Geum River;
(d) Chogang Stream.

Before performing the physical habitat simulations, HSCs were constructed
using the GEP model. For three physical habitat variables, HSCs were constructed
with the three monitoring datasets from the neighboring streams and are compared
with those constructed using the Dal River data. Figure 5 shows the resulting HSCs.
The grey bars in the figure indicate that the number of observed individuals for
each physical habitat variables. Choi and Choi [40] found that the HSCs by the GEP
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model are very similar to those by the method of Gosse [41] and the GEP model
predicts HSCs better than the Adaptive Neuro Fuzzy Inference System (ANFIS)
model. Furthermore, Choi and Choi [40] indicated that the GEP model is robust and
non-subjective compared the method of Gosse [41].
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For the flow depth and velocity, the HSCs for the Chogang Stream appear to
be the most similar to those of the Dal River (Figure 5). However, the HSCs for
the Hongcheon River are substantially different from those for the Dal River even
though the two streams are part of the same watershed. The level of similarity can
be expected from prior investigations in Table 1 and Figures 3 and 4.

Regarding the substrate, all HSCs differ seriously in Figure 5c. This is because
the target fish, Zacco platypus, does not have a substrate preference [42,43]. That is,
Zacco platypus lives in both sand-bed and gravel-bed streams. Thus, hereafter, the
substrate will not be considered in the physical habitat simulations.

The improved GHSCs are constructed and compared with the GHSCs
constructed by the method proposed by Maki-Petays et al. [25] (Figure 6). It can be
seen that both curves appear to be very similar except that the GHSCs have long tails
in case where the values for the flow depth and velocity are large.

82



Water 2015, 7 4545 
 

 

Regarding the substrate, all HSCs differ seriously in Figure 5c. This is because the target fish,  
Zacco platypus, does not have a substrate preference [42,43]. That is, Zacco platypus lives in both  
sand-bed and gravel-bed streams. Thus, hereafter, the substrate will not be considered in the physical 
habitat simulations. 

(a) (b) 

(c) 

Figure 5. (a) Flow depth; (b) velocity; (c) substrate. Habitat suitability curves. 

The improved GHSCs are constructed and compared with the GHSCs constructed by the method 
proposed by Maki-Petays et al. [25] (Figure 6). It can be seen that both curves appear to be very 
similar except that the GHSCs have long tails in case where the values for the flow depth and velocity 
are large. 

3.3. Transferability of HSCs and Validation of Improved GHSCs 

In this section, CSI distributions of the Dal River are presented based on the physical habitat 
simulations. First, various HSCs in Figure 5, constructed using the study reach and the neighboring 
streams, were used for the HSI model. Then, GHSCs in Figure 6 were used to compute the CSI 
distributions. The former is to investigate the transferability of HSCs of the neighboring streams and 
the latter is to show the v alidity of the proposed GHSCs. 

Figure 5. (a) Flow depth; (b) velocity; (c) substrate. Habitat suitability curves.

3.3. Transferability of HSCs and Validation of Improved GHSCs

In this section, CSI distributions of the Dal River are presented based on the
physical habitat simulations. First, various HSCs in Figure 5, constructed using the
study reach and the neighboring streams, were used for the HSI model. Then, GHSCs
in Figure 6 were used to compute the CSI distributions. The former is to investigate
the transferability of HSCs of the neighboring streams and the latter is to show the v
alidity of the proposed GHSCs.

Using the HSCs in Figure 5, physical habitat simulations were carried out for
Zacco platypus, and the resulting CSI distributions in the study reach are shown in
Figure 7. The CSI was calculated using the multiplicative aggregation method. It can
be seen that the CSI distribution computed using Chogang Stream data is the most
similar to that of the Dal River. The CSI distribution computed using Geum River
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data is also similar, but the CSI distribution predicted with the use of Hongcheon
River data is substantially different from the CSI distribution for the Dal River.Water 2015, 7 4546 
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Figure 7. CSI distribution for Zacco platypus (a) with Dal River data; (b) with
Hongcheon River data; (c) with Geum River data; (d) with Chogang Stream data.

In order to evaluate the impact of using data from neighboring streams, the CSI of
the Dal River versus the CSI predicted using data from neighboring streams are plotted
in Figure 8. Only non-zero values of CSI are plotted in the figure, where the 45 degree
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line indicates a perfect match. It can be seen that values of CSI predicted using
Chogang Stream data provide the match best with those of the Dal River. However,
the use of Hongcheon River data and Geum River data results in slight and serious
over-predictions of CSI, respectively. The values for MAPE were also computed, and
67.5%, 39.2% and 25.1% were obtained for predictions using Hongcheon River data,
Geum River Data, and Chogang Stream data, respectively. The results indicate that
the use of data from a neighboring stream even in the same watershed results in larger
errors in the prediction of the CSI. Prior investigations in Table 1 and Figures 3 and 4
can be useful for selecting appropriate datasets for a physical habitat simulation.
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Figure 9 shows the CSI distributions for Zacco platypus in the Dal River. The
GHSCs and improved GHSCs were used for CSI distributions in Figure 9a,b,
respectively. It appears that the use of GHSCs substantially improves the CSI
distribution compared to the CSI distributions in Figure 7a. Quantitatively, the
uses of HSC constructed with the Chogang Stream data, GHSC, and improved GHSC
result in MAPE values of 17.18%, 19.35% and 15.46%, respectively. This indicates
that the use of the improved GHSC leads to a CSI distribution that is most similar to
that of the Dal River.

85



Water 2015, 7 4548 
 

 

 
(a) (b)  

Figure 9. CSI distribution for Zacco platypus computed with GHSCs (a) with GHSC;  
(b) with improved GHSC. 

4. Conclusions 

This paper investigated the impact of using monitoring data from neighboring streams for a physical 
habitat simulation and proposed a new method for constructing GHSCs using monitoring data from 
neighboring streams. The present study showed that great attention should be paid to the use of data 
from neighboring streams when monitoring data are not available for the physical habitat simulation. 
That is, the data from a neighboring stream whose geometrical properties are similar to those of the 
study reach should be used. Even the data from a stream that shares the same watershed as the study 
reach can result in large errors in the prediction of the CSI. 

In addition, for a general strategy, the present study proposed an improved GHSC, which can be 
used for the physical habitat simulation more confidentially with data from neighboring streams. The 
new method used the arithmetic means of the HSCs that were constructed with data only in a suitable 
range. The predicted CSI distribution was compared with that computed using the conventional HSI 
model, revealing that the prediction made using the improved GHSCs was better. However, the 
applicability of the proposed GHSCs can be investigated further by applying the methodology to 
various target streams that have their own monitoring data as well as that from neighboring streams. 
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4. Conclusions

This paper investigated the impact of using monitoring data from neighboring
streams for a physical habitat simulation and proposed a new method for constructing
GHSCs using monitoring data from neighboring streams. The present study showed
that great attention should be paid to the use of data from neighboring streams when
monitoring data are not available for the physical habitat simulation. That is, the
data from a neighboring stream whose geometrical properties are similar to those of
the study reach should be used. Even the data from a stream that shares the same
watershed as the study reach can result in large errors in the prediction of the CSI.

In addition, for a general strategy, the present study proposed an improved
GHSC, which can be used for the physical habitat simulation more confidentially
with data from neighboring streams. The new method used the arithmetic means of
the HSCs that were constructed with data only in a suitable range. The predicted CSI
distribution was compared with that computed using the conventional HSI model,
revealing that the prediction made using the improved GHSCs was better. However,
the applicability of the proposed GHSCs can be investigated further by applying the
methodology to various target streams that have their own monitoring data as well
as that from neighboring streams.
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Identification of Outlier Loci Responding to
Anthropogenic and Natural Selection
Pressure in Stream Insects Based on a
Self-Organizing Map
Bin Li, Kozo Watanabe, Dong-Hwan Kim, Sang-Bin Lee, Muyoung Heo,
Heui-Soo Kim and Tae-Soo Chon

Abstract: Water quality maintenance should be considered from an ecological
perspective since water is a substrate ingredient in the biogeochemical cycle and is
closely linked with ecosystem functioning and services. Addressing the status of live
organisms in aquatic ecosystems is a critical issue for appropriate prediction and
water quality management. Recently, genetic changes in biological organisms have
garnered more attention due to their in-depth expression of environmental stress on
aquatic ecosystems in an integrative manner. We demonstrate that genetic diversity
would adaptively respond to environmental constraints in this study. We applied
a self-organizing map (SOM) to characterize complex Amplified Fragment Length
Polymorphisms (AFLP) of aquatic insects in six streams in Japan with natural and
anthropogenic variability. After SOM training, the loci compositions of aquatic
insects effectively responded to environmental selection pressure. To measure how
important the role of loci compositions was in the population division, we altered
the AFLP data by flipping the existence of given loci individual by individual.
Subsequently we recognized the cluster change of the individuals with altered
data using the trained SOM. Based on SOM recognition of these altered data, we
determined the outlier loci (over 90th percentile) that showed drastic changes in
their belonging clusters (D). Subsequently environmental responsiveness (Ek’) was
also calculated to address relationships with outliers in different species. Outlier
loci were sensitive to slightly polluted conditions including Chl-a, NH4-N, NOX-N,
PO4-P, and SS, and the food material, epilithon. Natural environmental factors
such as altitude and sediment additionally showed relationships with outliers in
somewhat lower levels. Poly-loci like responsiveness was detected in adapting
to environmental constraints. SOM training followed by recognition shed light
on developing algorithms de novo to characterize loci information without a priori
knowledge of population genetics.

Reprinted from Water. Cite as: Li, B.; Watanabe, K.; Kim, D.-H.; Lee, S.-B.; Heo, M.;
Kim, H.-S.; Chon, T.-S. Identification of Outlier Loci Responding to Anthropogenic
and Natural Selection Pressure in Stream Insects Based on a Self-Organizing Map.
Water 2016, 8, 188.
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1. Introduction

Water, a highly sensitive substrate environment in the biogeochemical cycle,
is extremely vulnerable to various anthropogenic effects since disturbing agents
are highly diffusive in aquatic ecosystems and their impacts are critical to the
survival of living organisms (e.g., drinking resource) as well [1,2]. In addition
to the hydrological aspect, water quality maintenance should also be considered
from ecological and systematical viewpoints. Water is an essential element in aquatic
ecosystems. Consequently water quality affects the status of biological organisms
(i.e., distribution and abundance).

Whereas physico-chemical indicators may only present non-biological aspects
of water quality, monitoring biological organisms garners special attention since their
status would reveal how water quality directly affects the survival of living organisms.
Among various taxa, benthic macroinvertebrates respond characteristically to
pollution sources and are suitable for monitoring aquatic ecosystems [3–5] since
they are taxonomically diverse and sedentary in a habitat range with a reasonably
long life span [4,6].

Moreover, biological organisms present another dimension in responding
to environmental stress; gene information would correspondingly adapt to
environmental constraints. Here, we report genetic information of aquatic insects
adapting to natural and anthropogenic selection pressures in streams. Detecting
adaptive genes under selection is a critical issue to infer how environmental
heterogeneity can drive genetic divergence [7,8]. Studies on the genetic basis of
adaptation are often based on candidate genes [9–11] and quantitative trait loci (QTL)
approaches [12–14]. However, these methods are limited to model organisms and
well-characterized genes, making it difficult to apply the approach in non-model
organisms and anonymous genes.

An alternative approach is genome scanning for identifying large numbers of
candidate loci including Amplified Fragment Length Polymorphism (AFLP) with
statistical tests to detect outlier loci (candidate adaptive gene) under direct or indirect
selection pressure [15–18]. A locus (plural loci) is a unique chromosomal location
defining the position of a gene or DNA sequence in genetics [19]. In our study, it
was simply defined as a gene but its position and DNA sequence are unknown
due to AFLP analysis [15]. Conventionally, the two statistical methods Dfdist and
BayeScan are widely used for outlier loci detection. Dfdist (adapted from Fdist [15])
uses coalescent simulations to generate thousands of loci evolving under a neutral
model of islands with a mean global FST close to the observed global FST. Empirical
loci with FST values significantly higher or lower than the simulated distribution
were considered to be outlier loci under divergent (i.e., high FSTs) or balancing
(i.e., low FSTs) selection [15]. BayeScan, based on a hierarchical Bayesian model,
detects locus-specific (e.g., selection) and population-specific (e.g., immigration rates,
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local effective size) effects based on FST variability [16,18]. In practice, however,
these statistical methods are prone to be affected by various factors such as dispersal,
genetic drift, sample size, and nonselective evolutionary forces [20]. Assumptions
used for data analyses regarding population structure, history, migration, and
mutation rates may introduce a bias in the results if the genetic data violate the
assumptions [7].

An alternative means could be considered to infer the complex relationships
between genetic data and environmental impacts based on information processing.
A separate line of research has been conducted with information processing in the
field of water quality maintenance and ecosystem management since the 1990s [21],
including the BayeScan model applied to prediction of harmful algal bloom [22]
and an empirical modeling approach including neural networks and extra trees
in phytoplankton dynamics to improve water-quantity-oriented management in
reservoirs [23]. In this study we focus on implementation of information processing to
gene information in association with environmental effects based on a self-organizing
map (SOM).

SOM performs dimension compression of complex multivariable data while
keeping the topology of the original data structure by training [24], and has been
efficiently used in various fields including biology and ecology [25,26]. By adjusting
weights between input (matching to variables in sample units) and output nodes
adaptively through lateral inhibition among the nodes (i.e., winner taking the chance
of updating weights), the sample units sharing similar variables will be clustered
together on the map of the reduced dimension. In molecular biology, SOM has
been used in clustering of high-dimension molecular composition since the early
1990s [27], and earned great popularity recently in various fields including gene
expression [28,29], genetic structure [30], and elucidating the effects of selection
pressures [31].

SOM has been mainly used for patterning and visualization of complex datasets.
Recently, however, a sensitivity test using SOM garnered additional attention
for two purposes: characterizing network architecture and revealing the output
sensitivity of the SOM responding to input data variability (e.g., data alteration).
First, regarding network architecture, SOM performance was evaluated in response to
model parameters including connection radius (neighbor size) and lateral inhibition
(i.e., proportion of weight contribution of the target variable comparing with
competing neighbor variables) in modeling muscle groups in the proprioceptive
cortex [32], whereas SOM sensitivity was also examined according to the number of
clusters, sample size, and neighboring function parameters including initial neighbor
size and reduction rate in image analysis [33].

Whereas sensitivity of network architecture focuses on model development,
the second aspect of sensitivity analysis puts an emphasis on addressing output
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response to the input data variability in determining important variables, especially
in ecosystem management for practical purposes. In revealing the input–output
relationships, Paini et al. [34] conducted a SOM sensitivity test by altering
presence/absence data of species occurrence (variables) in different sampling
sites (sample units) in pest management. They revealed that small changes in a
limited range of data supported the SOM’s robust predictions of pest invasion
risks. However, there has been no extensive study focusing on how to quantify the
importance of each variable, specifically the SOM clustering results.

In this study, we implemented SOM to detect outlier loci in AFLP band
presence/absence data. Being partly inspired by Paini et al. [34], we adopted a
recognition process instead of retraining. We intended to investigate the local effect
of altered data on trained clusters specifically for each individual instead of checking
overall output variability in addressing stability of SOM performance. After initial
training we altered the presence/absence data in each variable (loci) and recognized
the cluster change on the trained map individual by individual (sample unit) across
all the loci present in each species. This would allow a local alteration effect for each
locus on the SOM, while not causing global cluster conformation changes due to
retraining. The AFLP datasets of aquatic insects collected at various sampling sites
across different streams [8] were used in this study (1) to characterize overall loci
composition patterns by SOM training; (2) to reveal environmental responsiveness
according to altered input data (presence/absence of loci) based on SOM recognition,
and (3) to address associations between outlier loci and environmental variables.

2. Materials and Methods

2.1. Ecological and Genetic Data

The AFLP datasets were collected from three aquatic insect species in Trichoptera
in six adjacent stream catchments in Miyagi Prefecture, Japan in July and November
(summer and autumn) of the year 2006 [8] (Figure 1a). The surveyed region is largely
mountainous, and streams in the area are characterized by high environmental
heterogeneity with short and steep corridors. While the highland areas are generally
clean, the lowland areas are slightly polluted due to agriculture or development of
residential and commercial areas [8].

DNA band presence (1) or absence (0) (binary values) data for loci (DNA
fragments) in AFLP were used for three aquatic insect species in Trichoptera:
Hydropsyche albicephela, Stenopsyche marmorata, and Hydropsyche orientalis. In addition,
15 environmental factors including water quality indicators were concurrently
recorded: “altitude”, “stream order”, “width”, “velocity”, “mean gravel size”,
“sediment”, “epilithon”, “Benthic Coarse Particulate Organic Matter (BCPOM)”,
“Suspended Fine Particulate Organic Matter (SFPOM)”, “Chlorophyll-a (Chl-a)”,
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“Biochemical Oxygen Demand (BOD)”, “Suspended Solid (SS)”, “nitrite/nitrate
nitrogen (NOX-N)”, “ammonia nitrogen (NH4-N)”, and “orthophosphate phosphorus
(PO4-P)”. Since anthropogenic variables were not in a full scope (i.e., less polluted), we
characterized the habitats of the sampling sites using SOM according to nine natural
variables (Table 1). Anthropogenic variables were separately dealt with regarding the
effect of pollution on loci composition of surveyed species (see Section 3.3).Water 2016, 8, 188 4 of 24 

 

 
Figure 1. (a) Map of sampling sites; (b) group size of individuals collected within same cluster at each 
sampling site according to SOM (Figure 4) for Hydropsyche albicephala; (c) Stenopsyche marmorata, (d) 
Hydropsyche orientals. The color of the solid circles indicates a cluster in which 11 or more individuals 
(the total number of individuals in one site was 20) were grouped together, whereas the black circles 
mean the individuals are equal to or less than 10. The white circle stands for no individual collected 
at the sampling sites. The symbols, I, II, III and IV, in the legend indicate cluster names shown in 
Figure 4. Modified from Watanabe et al. [8]. 
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Figure 1. (a) Map of sampling sites; (b) group size of individuals collected within
same cluster at each sampling site according to SOM (Figure 4) for Hydropsyche
albicephala; (c) Stenopsyche marmorata, (d) Hydropsyche orientals. The color of the
solid circles indicates a cluster in which 11 or more individuals (the total number of
individuals in one site was 20) were grouped together, whereas the black circles
mean the individuals are equal to or less than 10. The white circle stands for no
individual collected at the sampling sites. The symbols, I, II, III and IV, in the legend
indicate cluster names shown in Figure 4. Modified from Watanabe et al. [8].
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2.2. SOM Applied to Environmental and AFLP Data

In order to characterize AFLP data and habitat features, a self-organizing map
(SOM) [24] was applied to both environmental and AFLP data collected from the
sampling sites. SOM performs dimension compression of complex multivariable data
while keeping the topology of the original data structure by training. By adjusting
weights adaptively between input nodes (matching variables of sample units) and
output nodes through lateral inhibition, the sample units sharing similar variables
will be clustered together on the map of reduced dimension. The SOM consists of
two layers of artificial neurons (or nodes) in the input and output layers. Input nodes
comprise the same number of variables with each neuron connected to all nodes in
the output layer, on which learning procedures are projected through dimension
compression. Starting with a randomly projected weight vector that connects input
and output layers, the distance between input data and weight vector was calculated.
The neuron that has the minimum distance was defined as the best matching neuron
and selected as the winner. For the best matching neuron and its neighborhood
neurons, the new weight vectors are adaptively updated (See [32,35,36] for details
on SOM training in the ecological sciences).

Table 1. Summary of natural environmental variables measured at sampling sites
(n = 57) during the survey period. When precise values were measured the higher
number of significant digits are listed with the symbol “a”.

Variables Mean ˘ SD Minimum Maximum

Altitude (m) 180.33 ˘ 142.36 2 590
Stream order 2.44 ˘ 1.17 1 5

Width (m) 7.83 ˘ 7.87 1.24 38.33
Velocity (m¨ s´1) 0.55 ˘ 0.23 0.03 1.28

Mean gravel size (cm) 12.71 ˘ 4.21 4.81 23.03
Sediment (mm) 10.43 ˘ 4.45 0.50 19

Epilithon (mg Chl-a¨ cm´2) 0.0016 ˘ 0.0024 a 0.0001 a 0.01
BCPOM (mg AFDM¨ m´2) 10.20 ˘ 9.58 0.89 54.07
SFPOM (mg AFDM¨ L´1) 0.0069 ˘ 0.0052 a 0.0009 a 0.02

According to Vesanto’s rule [37], the number of map units (m) could be
approximately determined as m = 5?n , where n is the number of sample units.
Starting from the initial value proposed by this rule, quantization error (QE) and
topographic error (TE) [25] were obtained by SOM training by slightly adjusting the
map size. We chose the map size with minimum QE and TE.

SOMs were used separately for both habitat and loci patterning. For
habitat patterning, input data consisted of 57 sampling sites (sample units) and
nine natural environmental factors (variables), and the number of nodes were
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7 (vertical)ˆ 6 (horizontal). For training AFLP, the number of nodes used for training
was different since input data matrix (individuals (sample units) ˆ loci (variables))
for each species varied according to the process of determining the number of nodes
for training as stated above: 251, 571, and 753 individuals with 128, 220, and 129 loci
were provided to the SOM consisting of 10 ˆ 8, 14 ˆ 10, and 14 ˆ 10 output nodes
for species H. albicephela, S. marmorata, and H. orientalis, respectively.

The SOM learning process was conducted under a Matlab environment (The
Mathworks, R2009) using the SOM Toolbox [37] developed by the Laboratory
of Information and Computer Science at the Helsinki University of Technology
(http://www.cis.hut.fi/). The training was performed following suggestions made
by the SOM Toolbox and Park et al. [36]. To reveal the degree of association between
the SOM units, Ward’s linkage method [38,39] was used to cluster the sample units
according to the Euclidean distance.

2.3. Screening Outlier Loci and Environmental Responsiveness

In order to address associations between outlier loci and environmental
variables, we adopted three processes: (1) initial training; (2) sensitivity analysis
with altered datasets through recognition; and (3) calculating environmental
responsiveness due to outlier loci. The following procedure was conducted for
screening outlier loci and checking environmental responsiveness (Figure 2):

1. SOM is trained with the AFLP data and the trained SOM output units are
classified to clusters (I, II, . . . , N) (see Section 2.2).

2. A vector, B (list of clusters with training data for each individual) is produced
(e.g., B = (I, II, I, III) with the first, second, third, and fourth individual
matching cluster I, II, I, and III, respectively). Euclidian distance is calculated
between clusters.

3. Each locus is altered by flipping over (switching either “presence to absence” or
“absence to presence”) separately for each individual.

4. Sensitivity analysis is conducted with altered datasets through recognition (See
Figure A1).

5. A vector, G (list of clusters with altered data) is produced (e.g., G = (I, II, I, I)
with each individual sequentially belonging to I, II, I, and I, similar to the case
of B in process 2).

6. Mean cluster distance for each locus (D) is defined to determine the overall
differences between training and recognition for individuals. D is calculated
as average of the summed Euclidian distance according to B compared with G.
If the change crossed over clusters with higher distance, higher values of
distance would be given to this individual.
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7. According to D outlier loci are determined. Loci with D value higher than the
90th percentile [40] were considered as outliers under selection in this study.

8. Once outlier loci were identified, we examined their relationships with
each environmental variable. Indices Ek,i and Ek were devised to present
responsiveness of each environmental variable (k) in each cluster (i) and overall
responsiveness across clusters, respectively, after SOM recognition as follows:

Ek,i “ |
ek,i ´ hk,i

ek,i
| (1)

Ek “
1
N

N
ÿ

1

Ek,i, (2)

where ek,i is the mean of environmental variable k for all individuals belonging
to cluster i before data alteration, hk,i is the mean of the same environmental
variable k for all individuals belonging to cluster i after recognition, and N
is the total number of clusters. Higher Ek,i value indicates a higher potential
of variation in specific environmental factor, k, due to loci alteration between
training and recognition in cluster i, whereas a higher Ek value represents overall
responsiveness across all clusters on the SOM.

Take B = (I, II, I, III) and G = (I, II, I, I) in Figure 2 for the case of altitude
matching to a certain locus as an example. In B, two individuals belonged to cluster I,
corresponding with two values of altitude (100 m and 150 m). Subsequently, the
average value was expressed as ek,i (=125 m). In G, cluster I has three individuals
(corresponding with altitudes of 100 m, 150 m, and 200 m) after recognition, and the
average of altitude was calculated as 150 m (hk,i). In order to check the variability
in environmental responsiveness, absolute values were used in this study. In the
example case, the ratio of change in the mean altitude (absolute value) was 0.2 (Ek,1)
between training and recognition in cluster I according to Equation (1). Similarly, we
have Ek,2 and Ek,3 values of 0.0 and 1.0 for cluster II and III, respectively. Subsequently
the Ek, value for altitude was calculated as the mean value of the three clusters, or
0.4. This indicates the degree of responsiveness of altitude due to data alteration in
the locus as 0.4.

In order to present the relative importance of specific environmental factor to
the maximum environmental responsiveness, the Ek value was further normalized as
Ek’ in relation to maximum value of Ek across all environmental variables (Figure 9)
as shown below:

E1k “
Ek

max pEkq
(3)
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Suppose that there are only two environmental variables, altitude and Chl-a
with Ek values of 0.4 and 0.8, respectively, for example. Then Ek’ for altitude would
be 0.5 whereas Ek’ for Chl-a would be 1.0.

9. Based on outliers according to D (process 7), a locus-specific pattern showing
degree of associations between outlier loci and environmental factors was
determined according to the level of Ek’ (process 8) (see Figure 9 for details).

The obtained environmental factors corresponding to outlier loci were
cross-checked with the Kolmogorov-Smirnoff test (K-S test) to see whether
environmental variables were indeed different across sampling sites [41,42]. In our
study, the environmental values were divided into five classes according to different
levels. Presence/absence of locus was counted for each individual belonging to
the same environmental class and combined to give the overall frequency of loci
presence for the individuals collected across different environmental classes. The
hypothesis of uniform frequency of loci (i.e., equal presence of loci in different
environmental classes) was tested according to the K-S test. For comparing outlier
loci, two conventional analyses, the Dfdist and BayeScan methods, were additionally
conducted with the same datasets according to Watanabe et al. [8].
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Figure 2. Flowchart for determining outlier loci and environmental responsiveness
based on SOM sensitivity test through training and recognition. The numbers 1) to 9)
show the processes described in Section 2.

3. Results

3.1. Habitat Specialization

Based on the SOM trained with nine natural environmental variables (57 sample
sites in six streams), grouping was observed according to cluster analysis (Ward
linkage method) (Figure 3a). Five clusters were formed based on the dendrogram.
Clusters 1, 3, and 4 were observed at the upper area, corresponding with somewhat
higher levels in altitude, sediment, BCPOM, and SFPOM according to profiles on the
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component plane (Figure 3c). Clusters 2 and 5 were placed at the lower area matching
higher levels of order, width, mean gravel size, and SFPOM. However, the degree of
matching varied according to clusters and environmental variables in both upper
and lower groups. For instance, SFPOM was high in both upper and lower groups
(Figure 3c). The sampling sites appeared to be mixed in all clusters (Figure 3b). There
seemed to be no major environmental factors in determining the overall gradients at
the surveyed area according to a visualization of the component profiles (Figure 3c).
Habitats are variably characterized by heterogeneous environmental conditions at
the sampling sites.
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Figure 3. Patterning of sampling sites with SOM according to natural environmental
factors. Dendrogram (a); ordination map (b); and component plane (c). The code in
each node of map (b) refers to the name of sampling sites shown in Figure 1. Gray
levels in (c) indicate the mean value of each variable, corresponding with sampling
units presented on output nodes of SOM. Mean gravel size was calculated as the
mean of the longest diameter among 36 grid points sampled in a 1 m2 area of the
stream bottom in riffles [8].
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3.2. Patterning of Loci Data

Loci presence/absence data for all individuals were additionally trained with
the SOM in each species (see Section 2.2). The number of clusters was determined
according to conformation patterns on the U-matrix as shown in Figure A2. Three
clusters were chosen for H. albicephela and S. marmorata (Figure 4a,b). In H. orientalis,
however, diverse grouping was observed in the U-matrix (Figure A2). After initial
training with various numbers of clusters in preliminary studies, four clusters were
chosen for grouping the sample units since further division into more clusters did
not provide feasible information in characterizing overall loci composition patterns
in H. orientalis in this study (Figure 4c).

For the sake of convenience, I was assigned for the most strongly grouped
cluster according to the U-Matrix (Figure A2, Figure 4), and the numbers II, III, and
IV were subsequently given to the remaining clusters based on the Euclidean distance
from cluster II, in ascending order. Clusters I and II occupied a small area and were
strongly separated from clusters III and IV, which, by contrast, spanned over a broad
area on the SOM (bottom panels, Figure 4).

Figure 1 additionally shows the degree of grouping in different clusters in each
site for each species according to the SOM training in Figure 4. The size of solid
circles indicates the groups of individuals within the same sampling site (the total
number in one site was 20 individuals) in each cluster. The group size of individuals
varied according to species. Overall, H. albicephela (Figure 1b) was collected in narrow
upstream areas whereas S. marmorata (Figure 1c) and H. orientalis (Figure 1d) were
broadly presented over the surveyed streams. In S. marmorata, the large groups
(ě 11 individuals) mostly belonged to intermediately (II) and strongly (I) grouped
clusters (Figure 1c). The large groups were similarly found at the intermediately
grouped cluster II in H. orientalis (Figure 1d). However, large groups were also
found in all other clusters to a somewhat lesser degree in this species. It was also
noteworthy that small groups (ď 10 individuals) without dominant clusters were
abundantly observed in H. orientalis. In H. albicephela, which was narrowly distributed
upstream only, large groups were mainly observed in the weakly grouped cluster III
(Figure 1b).
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Figure 4. Dendrogram (top panels) and clustering (bottom panels) after SOM
training on individual loci compositions (presence and absence) in Hydropsyche
albicephala (a); Stenopsyche marmorata (b); and Hydropsyche orientals (c).

3.3. Identifying Outlier Loci and Environmental Responsiveness

The importance of variables (i.e., loci) was checked by recognizing the altered
data with the trained SOM in a similar sensitivity test (see Section 2.3 and Processes
3–9 in Figure 2). Cluster distances according to presence of loci (i.e., higher presence,
higher rank on x axis) are presented in Figure 5. The patterns of distance distribution
varied according to species. The D values were variably observed in H. albicephela
and H. orientalis (Figure 5a,c). The highest range, including peaks, was commonly
observed at the ranks of 20–35 for both species. In S. marmorata, however, we found
several fixed values of D, including 0.006 and 0.011 (Figure 5b). This indicated that a
fixed number of individuals were commonly selected to experience cluster changes
in this species. It was noteworthy that the two loci with the maximum D value (0.023)
in S. marmorata were observed at loci 39 and 95, respectively (arrows in Figure 5b).
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Figure 5. Cluster distance (D) in the order of loci presence (rank on x axis) after
recognition in Hydropsyche albicephala (a); Stenopsyche marmorata (b); and Hydropsyche
orientals (c).

Profiles of cluster distance are presented according to the order of D values,
from low to high, in each species (Figure 6). Although SOMs could not be directly
compared between species due to the separate SOM trainings for each species
(see Section 2.2), overall trends and conformation of D values were separable
and characteristic according to species. Usually a sharp drop of D was observed
immediately after the peak by one or two-top ranked loci (Figure 6). The maximum
D value (0.378) was observed in H. orientalis (Figure 6c), whereas S. marmorata had
the minimum value (0.023) for the top rank locus (Figure 6b). Ranges in the number
of individuals experiencing cluster changes (the gray shades in Figure 6) varied, with
0%–7.6%, 0%–0.7%, and 0%–21.5% for H. albicephela, S. marmorata, and H. orientalis,
respectively. S. marmorata had the minimum proportion of individuals experiencing
cluster changes, whereas the total number of individuals (571) used for training
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was intermediate compared with H. albicephela (251) and H. orientalis (753). Cluster
change patterns were overall similar in the three species in accordance with the rank
of loci, decreasing as the rank decreased (Figure 6).
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Figure 6. Cluster distance (D: solid line matching the scale in the left side of y
axis) and proportion of individuals (gray shade matching the scale in the right side
of y axis) experiencing cluster change in relation to the order of D (x axis) after
recognition in Hydropsyche albicephala (a); Stenopsyche marmorata (b); and Hydropsyche
orientals (c).

When frequencies were presented across different levels of D in the histogram,
the maximum value was observed with the minimum level of D in different species
(Figure 7). Frequencies sharply decreased in all species as D increased along the x
axis. According to the frequency distribution shown in Figure 7, the outlier loci that
responded strongly to data alteration were identified. In order to determine outliers,
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the 90th percentile was set as the threshold for each species (vertical lines in Figure 7)
(see Section 2.3); the loci showing higher levels of D than the threshold were chosen
as outlier loci in this study. Since many individuals showed the same value of D at
the boundary of the 90th percentile line for S. marmorata, the grouped individuals
that crossed the boundary of the percentile line were not included as outliers for
S. marmorata. The numbers of outlier loci were 14, 17, and 12 for H. albicephela,
S. marmorata, and H. orientalis, respectively (Table 2), and the outlier loci were listed
in Table A1.Water 2016, 8, 188 12 of 24 
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Figure 7. Histogram of cluster distance (D) in Hydropsyche albicephala (a); Stenopsyche
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for determining outliers (90th percentile). Insets show the upper range above
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Subsequently we checked what clusters on the SOM responded to data alteration
more sensitively. Figure 8 shows how clusters were affected when cluster change
occurred for individuals in each species after SOM recognition (see Section 2.3).
The cluster difference was evaluated according to the Jaccard similarity index [43]
(J = c/(a + b ´ c), where c is the commonly found individuals and a and b are the total
number of individuals found in the cluster before and after recognition, respectively).
Subsequently the value of F = 1 ´ J was used to represent cluster difference. For
convenience of visualization, all values were normalized to 0 to 1 based on the
maximum F value obtained for each species, as shown by the vertical bars in Figure 8.
The patterns of cluster change were different according to species. In H. albicephela,
cluster II followed by cluster I were mainly affected by the altered data (Figure 8a).
One locus in cluster II (locus 35) showed an especially high level of cluster difference.
S. marmorata similarly showed a stronger response in clusters I and II (Figure 8b). In
this case cluster I presented the highest level of F in selected loci (e.g., loci 71, 97, and
111). In H. orientalis, by contrast, cluster II and the weakly grouped clusters IV and
III were more affected by the altered data (Figure 8c). The overall results indicated
that sensitivity in loci composition varied according to different species.
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Figure 8. Cluster differences after recognition of altered data in Hydropsyche
albicephala (a); Stenopsyche marmorata (b); and Hydropsyche orientals (c). The gray
levels in the cells and the vertical bar indicate the degree of cluster difference
(F value normalized to 0–1 according to the maximum in each species). The order
of outlier loci was according to the D value from top down.

By calculating environmental responsiveness Ek‘ (Equation (3), see Section 2.3),
each environmental factor was presented to associate specifically with outlier loci
(Figure 9). For convenience of visualization, all Ek‘ values were normalized in the
range of 0.00–1.00 based on the maximum Ek value across environmental variables in
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each species, as stated above (vertical bars, Figure 9). Maximum Ek values were found
with Chl-a (1.28), NH4-N (0.76), and Chl-a (0.22) for species H. albicephela, S. marmorata,
and H. orientalis respectively. Ek values were relatively small for H. orientalis although
the proportion of individuals experiencing cluster change was high (Figure 6c).
The environmental responsiveness was characteristically observed according to
species. In H. albicephela, Chl-a (0.94–1.00) showed outstandingly high E values,
followed by epilithon (0.43–0.44) (Figure 9a). H. orientalis similarly showed the
highest responsiveness to Chl-a (0.75–1.00) and epilithon (0.64–0.72). In addition,
PO4-P (0.56–0.67), NOX–N (0.54–0.56), and altitude (0.43–0.60) presented higher
values in this species (Figure 9c). S. marmorata was characteristically sensitive to
various anthropogenic stresses of NH4–N (0.97–1.00), followed by PO4–P (0.45–0.46),
SS (0.32–0.33), and somewhat to sediment (0.24–0.25) (Figure 9b). Species overall
responded highly to various anthropogenic factors and epilithon, and to a lower
degree to natural factors (i.e., altitude and sediment).
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Figure 9. Environmental responsiveness in association with outlier loci in Hydropsyche
albicephala (a); Stenopsyche marmorata (b); and Hydropsyche orientals (c). The gray
levels indicate the Ek

’ value according to the maximum across environmental
variables in each species (H. albicephela: Chl-a (1.28), S. marmorata: NH4–N (0.76),
and H. orientalis: Chl-a (0.22)). The asterisk at the upper right corner of each cell
indicates the significance (p < 0.05) of environmental variables according to the
Kolmogorov-Smirnov test. For convenience of visualization, white asterisks are
listed when Ek

’ is equal to or greater than 0.6; otherwise there is black asterisk.

Two points can be summarized in terms of environment-outlier relationships.
First, many loci were concurrently involved in responding to specific environmental
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factors, suggesting poly-loci-like responsiveness to environmental constraints
(Figure 9). Secondly, outliers were mainly sensitive to either pollution agents
(e.g., Chl-a, NH4–N, NOX–N, PO4–P, and SS) or feeding material (i.e., epilithon).

We further checked whether the results from SOM sensitivity would be in
accordance with the difference in environmental factors measured at different
sampling sites. A K-S test was conducted to check the significant difference
between different levels of environmental variables (see Section 2.3). With all the
environmental variables, the significance was only observed at p < 0.05 without a
lower level of alpha error (e.g., p < 0.01). The symbol “*” was superimposed on the
cells (presenting each combination of locus and environmental variable) shown in
Figure 9. Significance in the K-S test corresponded with a high overall environmental
responsiveness, indicating that the sensitivity in loci was in accordance with
differences in environmental variables. There were some mismatches, however.
PO4–P in S. marmorata and H. orientalis, for instance, did not show overall significance
in the K-S test, although the environmental responsiveness was high (Figure 9b,c).

It was noteworthy that the maximum values of pollution at the sampling sites
were not indicative of severe conditions but rather indicated a low degree of pollution
(Table 3). The gradients of water quality indicators across all the sampling sites are
presented in Figure A3. According to WHO standards [44], water quality indicators
measured in this study were substantially low. When the average values of the
observed data were compared with the maximum level in the WHO standards, PO4–P
and NH4–N showed the minimal range with 0.007%–1.880%. BOD had a somewhat
higher level of 5.057% whereas NOx–N, SS, and Chl-a presented maximal levels of
15.817%, 12.016%, and 12.000%, respectively (Table 3). All observed measurements
in this study, however, were substantially low compared with the WHO standards.

The outliers detected by SOM, Dfdist [15], and BayeScan [18] are compared
in Table 2. Since the number of detected outliers varied according to different
methods, similarity in outliers between different methods was measured by the
Jaccard similarity index [43] (J = c/(a+b–c), where c is the commonly detected loci
and a and b are the total number of detected loci by each method, respectively).
Between Dfdist and BayeScan, the indices were in the range of 0.18–0.36 for all
species (Table 2). Indices of SOM in relation to Dfdist and BayeScan were in a
comparable range, 0.16–0.34. Among the three species, S. marmorata showed the
highest number of outliers with 17, 56, and 23 loci for SOM, BayeScan, and Dfdist,
respectively (Table 2, Table A1). A substantial number of common loci between
different methods were also observed in S. marmorata: 21 in Dfdist vs. BayeScan,
followed by 16 in BayeScan vs. SOM, and 10 in Dfdist vs. SOM. In the other two
species the number of common loci between different methods was in the range
3–9 (Table 2).
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Table 3. Summary of water quality indicators measured at sampling sites (n = 57)
compared with WHO standards. (Minimum value of suspended solid is not
recorded in WHO standards). For Chl-a, the number of significant digits is four for
precise measurement.

Variables Unit Mean ˘ SD
Observed Values WHO Standards a

Comparison (%) b

Minimum Maximum Minimum Maximum

Chl-a mg¨ L´1 0.000,6 ˘ 0.001,2 0.0001 0.0087 <0.0025 0.005,0–0.140,0
c 12.000,0

BOD mg¨ L´1 0.455 ˘ 0.430 0.035 2.394 2 or less than
2 9 5.057

SS mg¨ L´1 3.004 ˘ 2.653 0.318 11.756 – 25 12.016
NOX–N mg¨ L´1 0.475 ˘ 0.313 0.055 1.513 <0.1 3 15.817
NH4–N mg¨ L´1 0.019 ˘ 0.022 0.004 0.147 0.04 1 1.880
PO4–P mg¨ L´1 0.013,4 ˘ 0.014 0.001 0.078 0.001 200 0.007

a: Significant digits are based on the original data; b: Mean of observed value divided by
maximum value (WHO standards); c: Maximum concentration of Chl-a was chosen as
0.0050 mg¨ L´1 instead of 0.1400 mg¨ L´1.

4. Discussion

The current study demonstrated that specific associations between outlier loci
and environmental variables could be effectively mined based on SOM even though
a priori knowledge regarding population genetics (e.g., coalescent theory) is not
available. Complexity residing in the presence/absence of loci was effectively
extracted when they were exposed to complex effects of environmental factors
according to different sampling sites. Whereas conventional methods such as Dfdist
and BayeScan are mainly based on population genetics theories and statistical
parameters (e.g., correlation coefficient between Wright’s fixation index (FST)
and environmental variables) [8,45,46], the SOM approach reveals relationships
between outlier loci and environmental variables through information processing
(Figures 4–9). The topology of complex data structure in multiple dimensions was
effectively preserved in a reduced dimension through a self-organizing process [24].
It was noteworthy that environmental variables were specifically identified in
association with each outlier based on the SOM approach de novo (Figure 9).

Loci were responsive to anthropogenic environmental change although the
pollution level was low at the sampling sites (Figure 9, Table 3, and Figure A3).
Based on the conventional methods (Dfdist and BayeScan), Watanabe et al. [8]
reported that differences in FST at non-neutral loci were strongly related with
natural and anthropogenic sources of Chl-a in H. albicephela, BCPOM in S. marmorata,
and altitude in both S. marmorata and H. orientalis. A somewhat weak response
was observed with velocity, epilithon, and NH4–N in H. orientalis. This study
partly confirmed results by Watanabe et al. [8] including Chl-a in H. albicephela,
and altitude and epilithon in H. orientalis. However, overall differences were also
observed. Response to anthropogenic stress appeared to be more prevalent in this
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study. H. orientalis showed high responsiveness to Chl-a in addition to H. albicephela
(Figure 9c). S. marmorata additionally showed diverse responsiveness to NH4–N,
followed by PO4–P and SS (Figure 9b). It was noteworthy that BOD showed generally
lower levels of environmental responsiveness than other indicators in this study,
except in H. orientalis (Ek’ ranging from 0.31 to 0.44) (Figure 9c). Response to natural
environmental factors, however, was not strongly observed except for the feeding
material, epilithon, followed by altitude and sediment to a lesser degree, as stated
above. Future study is warranted in revealing these loci-environment relationships
in natural and anthropogenic variability more precisely along with gene functioning
and physiological network studies.

Although overall trends were in accordance between the environmental
response and the K-S results, there were discrepancies between the two tests
(Figure 9). Whereas the K-S test only reveals statistical differences in environmental
factors separately (i.e., factor by factor), SOM deals with all variables together,
accommodating complex interrelationships among variables concurrently in a
non-linear manner through information processing. For instance, PO4-P values
were significantly different according to the K-S test in S. marmorata and H. orientalis,
although the Ek‘ values were substantially lower (Figure 9). However, the detailed
mechanism whereby environmental responsiveness was specifically sensitive to
outlier loci is unknown. More studies regarding genetic functioning and molecular
ecology are needed in the future.

Clusters with a small number of individuals (ď 10 individuals) were
characteristically found in H. orientalis (Figure 1d). In S. marmorata, however, not
many small groups were found and large groups of individuals were observed
mainly in the intermediately grouped cluster II (Figure 1c). Following cluster II, more
large individual groups were additionally found in the strongly grouped cluster I
than in the weakly grouped cluster III in this species. In H. albicephela, by contrast,
a large number of individuals were mainly observed in cluster III (Figure 1b). This
indicated that loci composition patterns varied according to species. The somewhat
more closely related loci (i.e., being more different from other clusters according to
SOM) observed in S. marmorata, for instance, had a stronger susceptibility to selection
pressure, and consequently a higher potential for cluster change in more strongly
grouped clusters. In H. albicephela, by contrast, the selection pressure may be not
strong enough to cause loci variability in the strongly grouped clusters.

Difference in cluster change (F) also reflected the group responses of individuals.
For instance, the intermediately and strongly grouped clusters I and II were
particularly affected in S. marmorata (Figure 8b); large groups of individuals
experiencing cluster changes were found in these clusters (Figure 1c). In H. orientalis,
by contrast, the cluster change effect was mainly observed in the intermediately and
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weakly grouped clusters II, III, and IV, whereas a minimum response was observed
in the strongly grouped cluster I (Figures 1d and 8c).

The loci composition patterns according to the SOM may match the dispersal
ability of a species. It was reported that dispersal potential is weak for H. orientalis,
whereas it is intermediate for S. marmorata according to Watanabe et al. [47]. The
patterns of individual groupings were different between the two species. Whereas
the intermediately and strongly grouped clusters II and I had large groups of
individuals for cluster change at the same sampling sites in S. marmorata (Figure 1c),
the small-group individuals (ď 10 individuals) within one cluster (i.e., without
dominating clusters) were mainly observed for cluster change in H. orientalis
(Figure 1d), as stated above. This indicated that loci information is more fractional
(i.e., there is a higher chance of variation in loosely grouped loci) in species like
H. orientalis with low dispersal potential. However, in S. marmorata, which has
intermediate dispersal potential, selection pressure would more strongly occur in
strongly-grouped loci compositions (Figure 1c). However, drawing any conclusion
regarding the relationships between dispersal ability and genetic divergence is still
premature; additional studies on molecular ecology and gene functioning are needed
in this regard in the future.

Specific individuals causing cluster changes could also be identified. We checked
the fixed levels of D observed in S. marmorata (Figure 5b). The discrete values shown
in S. marmorata were due to specific individuals changing consistently across different
loci either in groups or as individuals. Initially S. marmorata showed individuals
experiencing cluster changes separately. For example, individual 96 experienced
cluster changes in numerous loci including 11, 23, 27, 44, etc., while individual 537
separately experienced cluster changes in loci including 30, 45, 49, 64, etc. (Figure A4).
In addition, certain individuals (e.g., (48, 317, 557), (96, 537)) contributed to cluster
changes together. Since a fixed number of individuals showed cluster changes, this
was the reason why these species showed discreteness in D (Figure 5b). Two peaks
were additionally observed in D values in relation to the frequency of loci presence
in S. marmorata (arrows in Figure 5b). The reason for obtaining two peaks in this
species is currently unavailable. The strong responsiveness may be due to different
types of data alteration (e.g., difference in “presence to absence” and “absence to
presence” of loci), but close examination is required regarding input–output data
relationships and genetic/ecological functioning.

In this study binary values were used as input (presence/absence). If continuous
variables are used as input data, a small amount of noise could be added to cause
continuous variability in the input data over a small range, similar to a conventional
sensitivity analysis. However, the binary values were changed totally (either “1 to 0”
or “0 to 1”) in this study for training and recognition. Subsequently recognition was
conducted to address the local effect of data alteration; the cluster change due to an
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altered datum for each locus was examined for each individual on the trained map
(see Section 2.3).

In Paini et al. [34] binary data (presence or absence of pest species in different
regions) were similarly used for training pest occurrence in different sampling sites.
A different number of species (variables) was selected for data alteration (flipping
over) according to different proportion levels (0.05, 0.10, 0.20, and 0.30). Subsequently
the SOM was newly generated after data alteration. The variability of SOM output
due to retraining was used as a criterion to determine stability in risk assessment.
Data alteration of 0.30 indicated significant changes compared to original groupings
whereas 0.20 indicated stability in groupings. The sensitivity test performed by
Paini et al. [34] was useful for confirming the robustness of our predictions of pest
invasion risk.

In our study, however, we focused on investigating the specific contribution
of each locus (variable) on the cluster patterns. We adopted a recognition process
after training (Figure 2). By examining the result of recognition on the trained SOM
locally, the patterns of cluster change were specifically observed locus by locus for
each individual (Figure A1). Further associations between loci and environmental
variable were revealed according to this type of SOM training followed by recognition
(Figure 9). However, variability would still be obtained in initial training if random
conditions were different in different trials. Since convergence is obtained adaptively
through a random process, as stated above, a minor degree of variability would exist
in either clustering or determining outliers, although the overall trends would be
similar. Further research is required to optimize the variability caused by randomness
in SOM training in relationship with outlier determination in the future.

Considering flexibility in data handling and information extraction processes,
SOM could be extended to link with the models used in conventional methods
based on population genetics. Either a hybrid model or SOM network modification
could be considered for addressing the interplay between information processing
and molecular ecology. In addition, SOM could be further applied to diverse taxa
and experimental data related to ecological (e.g., functional feeding group) and
genetic functioning.

5. Conclusions

Addressing ecological functioning garners special attention in association
with aquatic ecosystem management since the status of live organisms in
ecosystems would reveal the direct effects of water quality. SOM was effective
in addressing relationships between loci and environmental factors through training
and recognition, although specific gene information and/or population genetics
(e.g., coalescent theory) are not available for loci data. By applying the SOMs
to AFLP of aquatic insects collected in six streams in Japan, we proved that the
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genetic information of aquatic insects responds sensitively to anthropogenic and
natural selection pressures. Outlier loci over the 90th percentile were associated with
environmental factors pertaining to specific sampling sites and were comparable
with the conventional methods (Dfdist and BayeScan). Some loci were sensitive
to pollutants at low levels including Chl-a, NH4–N, NOX–N, PO4–P, and SS. The
feeding material, epilithon, also served as a source of selection pressure. Loci
compositions further responded to natural factors including altitude and sediment,
but to a lesser degree. In addition, poly-loci-like responsiveness was detected in
respond to environmental constraints.

Gene information adapting to environmental stress would be accordingly
reflected in information processing. SOM training combined with recognition shed a
light on developing algorithms de novo to characterize loci without a priori knowledge
of population genetics used for conventional methods. For further understanding
of genetic diversity in adapting to environmental constraints, more studies are
warranted on both informatics (e.g., the development of networks) and biological
(e.g., ecological/genetic functioning) aspects in the future.
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SS Suspended Solid
NOX-N nitrite/nitrate nitrogen
NH4-N ammonia nitrogen
PO4-P orthophosphate phosphorus
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Figure A1. The process of SOM recognition. The SOM training results (a); individual
(D0516) was recognized as having no cluster change (b); while individual (B0209)
was recognized as having undergone a cluster change from cluster III to I (c).
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Color bars in the U-matrix indicate the mean Euclidean distance between the
weights of nodes surrounding the U-matrix on the map.
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listed in (a), (b), (e), and (f) because the value was either too close to 0 or negative). 
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Figure A3. Gradients of water quality indicators across sampling sites. Dashed
lines indicate the WHO standards, whereas solid and dotted lines stand for means
and SDs of observed values, respectively. Chl-a (a); BOD (b); SS (c); NOx-N (d);
NH4-N (e); and PO4-P (f). (SD below mean was not listed in (a), (b), (e), and (f)
because the value was either too close to 0 or negative).

Table A1. List of outlier loci identified by Dfdist, BayeScan, and SOM.

Species Dfdist vs. BayeScan Dfdist vs.
SOM

BayeScan vs.
SOM

Common
Outliers

Hydropsyche
albicephala 4, 5, 11, 15, 29, 43 15, 29, 43 15, 29, 33, 35, 43 15, 29, 43

Stenopsyche
marmorata

32, 33, 34, 43, 45, 56, 66,
67, 68, 70, 76, 78, 80, 84,

85, 95, 97, 104,
106, 111, 116

32, 66, 67,68,
76,84, 95,

97, 104, 111

32, 37, 39, 46, 54,
59, 66, 67, 68, 71,

76, 84, 95,
97, 104, 111

32, 66, 67, 68,
76, 84, 95,

97, 104, 111

Hydropsyche
orientals

20, 25, 27, 39, 40,
47, 49, 53, 67 25, 27, 39, 40 25, 26, 27,

32, 39, 40 25, 27, 39, 40
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marmorata. Overlapping with four or more loci (or individuals) is represented by horizontal (or 
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Spatial Distribution of Benthic
Macroinvertebrate Assemblages in Relation
to Environmental Variables in Korean
Nationwide Streams
Yung-Chul Jun, Nan-Young Kim, Sang-Hun Kim, Young-Seuk Park,
Dong-Soo Kong and Soon-Jin Hwang

Abstract: Conserving and enhancing freshwater biodiversity are global issues
to ensure ecosystem integrity and sustainability. To meet this, it is critical to
understand how the biological assemblages are determined by environmental
gradients in different spatial scales. Nevertheless, information on their large-scale
environmental relationships remains scarce in Korea. We aimed to understand
nationwide spatial distribution patterns of benthic macroinvertebrates and important
environmental factors affecting their distribution in 388 streams and rivers across
Korea. A total of 340 taxa, belonging to 113 families in 23 orders of five phyla,
were identified. Assemblage composition in most Korean streams included a few
predominant colonizers and a majority of rare taxa. Cluster analysis based on
benthic macroinvertebrates classified a total of 720 sampling sites into five clusters
according to the pollution levels from fast-flowing less polluted streams with low
electrical conductivity to moderately or severely polluted streams with high electrical
conductivity and slow water velocity. Canonical correspondence analysis revealed
that altitude, water velocity and streambed composition were the most important
determinants, rather than watershed and water chemistry variables, for explaining
the variation in macroinvertebrate assemblage patterns. The results provide
basic information for establishing the conservation and restoration strategies of
macroinvertebrate biodiversity against anthropogenic disturbances and developing
more confident bio-assessment tools for diagnosing stream ecosystem integrity.

Reprinted from Water. Cite as: Jun, Y.-C.; Kim, N.-Y.; Kim, S.-H.; Park,
Y.-S.; Kong, D.-S.; Hwang, S.-J. Spatial Distribution of Benthic Macroinvertebrate
Assemblages in Relation to Environmental Variables in Korean Nationwide Streams.
Water 2016, 8, 27.

1. Introduction

Freshwater ecosystems occupying a very tiny fraction of the Earth’s surface support
remarkable biodiversity and abundance of benthic macroinvertebrates [1,2]. However,
growing human pressures have substantially deteriorated the overall ecological
integrity and induced a biodiversity crisis. This problem now increasingly becomes a
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global issue, and thereby calls attention to establish relevant conservation strategies
and wise management practices to maintain sustainable freshwater environments.

Although Asian riverine ecosystems contain remarkable taxonomic diversity
as well as high levels of endangerment and endemism, studies on biodiversity
and ecology of these ecosystems have been poor [1,3]. Year-to-year variations in
seasonality and its relationship to monsoonal climate, particularly in temperate
Asian regions, can be major drivers that profoundly affect the hydrologic regime and
geomorphology in stream environments, consequently determining the distribution
and abundance of macroinvertebrates [4]. For example, a wet season low and a dry
season high are expected for periodic seasonal patterns in abundance, depending
on the frequency and intensity of summer monsoon rainfall. However, habitat
destruction and water quality degradation in Asian river systems have become
more dramatically epidemic than any other continents due to the fast growing
human population and demands for economic development [5,6]. Because failure of
conservation efforts has mainly resulted from scant evidence on river ecology, the
priority over scientific and practical challenges to overcome this circumstance must
be put on establishing species inventories and ecological information based on the
accumulation of region-specific case studies, particularly at watershed or national
scales [4,7].

Macroinvertebrate diversity and abundance are significant community
attributes that are controlled by a variety of mechanisms at different spatial scales. A
number of studies have documented how macroinvertebrate assemblages respond
to environmental variables and which variables best explain their distribution and
abundance. Some studies showed good relationships among macroinvertebrate
assemblages, chemical variables [8], and the organic energy base [9], whereas
habitat-related physical factors were widely demonstrated as primary contributors
such as substrate composition [10], flow and current velocity [11], elevation and
stream size [12] and temperature [13]. Vegetation, geology and human land use
are also important for their spatial distribution [14,15]. While there remains a large
number of documents focusing on such environmental relationships at finer spatial
scales, studies on large-scale spatial patterns have been relatively small (e.g., at
national scale [16,17] and at continental scale [18,19]).

Studies on the spatial distribution patterns of macroinvertebrate assemblages
based on their environmental relationships are crucial. Firstly, those studies provide
fundamental information for the conservation and restoration of biodiversity against
anthropogenic disturbances. Secondly, knowledge of the species response to
environmental gradients is important to separate the effects of pollution from
the effects of natural variables on community structures [20]. Thirdly, it is
possible to develop more confident bio-assessment tools for diagnosing stream
ecosystem integrity because macroinvertebrate responds sensitively to environmental
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alterations that lead to changes in composition and community structures [21,22].
Thus, we performed a synoptic study of the large scale spatial distribution of
benthic macroinvertebrates in relation to environmental variables. Specifically,
the objectives of this study were: (i) to characterize the spatial distribution
and assemblage structures of macroinvertebrates; (ii) to identify environmental
distinction of Korean stream ecosystems based on their assemblages; (iii) to determine
major environmental variables that affect their distribution; and (iv) to provide
methodological considerations to improve biomonitoring programs, particularly
focusing on sampling procedures. A relevant scientific basis would then be
established with these data for developing sustainable management, conservation
practices, and a reliable biomonitoring program. The results of this study could
also contribute to a better understanding of the spatial distribution of freshwater
macroinvertebrates in poorly explored Asian regions.

2. Materials and Methods

2.1. Study Area

Samples were collected at 720 sampling sites from 388 streams and rivers on a
nationwide scale in South Korea. South Korea is located between 37˝001 N latitude
and 127˝301 E longitude, encompassing the southern half of the Korean Peninsula
with an entire area of approximately 100,033 km2. The annual precipitation is
1308 mm, but there is substantial variation among seasons [23]: severe flooding events
during the summer monsoon period, and base flow or even drought conditions in
the other seasons.

The entire stream system throughout South Korea comprises five watersheds,
including five large rivers, their tributaries, and other small independent streams
(Figure 1). Land use types in each watershed generally display well-managed forests
upstream, and agricultural and urban development from middle to lower regions.
Most Korean streams have suffered from a variety of human activities that alter the
physicochemical stream environments, particularly caused by channel modification
and eutrophication [24].

Among 720 sampling sites, the largest number of sites belonged to the Han
River watershed (HRW) (n = 320), followed by the Nakdong River watershed (NRW)
(n = 130), the Geum River watershed (GRW) (n = 130), the Youngsan River watershed
(YRW) (n = 76), and the Seomjin River watershed (SRW) (n = 64). It was assumed
that such a nationwide survey covered the majority of stream types in Korea to
understand how lotic macroinvertebrates are spatially distributed in relation to
environmental factors. Field sampling was conducted during spring (May 2009)
under base flow conditions because the highest benthic macroinvertebrate diversity
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was expected at that time. More information of the five major river watersheds in
Korea can be found in Hwang et al. [25].

Figure 1. Geographic locations of the study sites. Five macroinvertebrate-based site
groups were classified as G1a (n = 126, black circles), G1b (n = 199, white circles),
G2a (n = 106, white triangles), G2b (n = 118, gray triangles), and G2c (n = 171,
black triangles) based on Sørenson distance measure cluster analysis. Dark lines
indicate the five large rivers and the light lines display their tributaries and small
independent streams.

2.2. Measurement of Environmental Variables

Environmental variables were measured both in the field and in the laboratory
to define their effects on benthic macroinvertebrate assemblages. Three categories
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of environmental variables were considered such as watershed-related regional
variables, physical in-stream properties, and water quality elements.

Altitude and land-use types were considered as regional variables for watershed
characteristics. The altitude at each sampling site was obtained using digital elevation
data (Openmate Inc., Seoul, Korea). The proportion of prevalent land use types was
determined for each sampling site using a topographic map (1:50,000).

Physical in-stream properties were measured during field surveys: (i) stream
width for the distance from bank to bank at a transect representative of the stream
channel; (ii) wetted stream width using a range finder (model LRM-1500M, Newcon
Optik Inc., Toronto, ON, Canada); (iii) water depth of the vertical distance from the
water surface to stream bottom; (iv) current velocity at riffles or gliding runs using a
current meter (3000-LX, Swoffer Instruments, Inc., Tukwila, WA, USA), or calculated
by the Craig method [26,27]; (v) percent substrate composition visually estimated as
fine (<2 mm) and coarse-sized particles (ě2 mm).

Water quality variables such as pH, water temperature, dissolved oxygen
(DO), turbidity, and electrical conductivity (EC) were measured with a multi-probe
portable meter (e.g., YSI 6920, YSI Inc., Yellow Springs, OH, USA or Horiba U-22XD,
Kyoto, Japan) at the center of each sampling stretch. Two liters of water samples
were collected in sterilized plastic bottles at each site, kept in a container with ice,
and transported to the laboratory. Laboratory measurements were conducted to
determine the biochemical oxygen demand (BOD), total nitrogen (TN), and total
phosphorus (TP) following Standard methods [28].

2.3. Sampling of Benthic Macroinvertebrate

A Surber sampler (30 cm ˆ 30 cm, 1 mm mesh) was employed to collect benthic
macroinvertebrates. Samplings were conducted at fast-flowing riffle or gliding
run habitats (in the case when suitable riffles were not available) within 100 m.
Quantitative samples were taken from three randomly selected riffles at each site,
pooled together in a 500 mL plastic bottle with 80% ethanol, and labeled. The
sampling device and procedures followed the guidelines of the National Aquatic
Ecological Monitoring Program (NAEMP), Korea [27].

After field sampling, all organisms were hand-sorted from detritus and
inorganic material, and stored in 70% ethanol. Subsampling was permitted only
for dominant taxonomic groups (e.g., Oligochaeta, Ephemerellidae, Chironomidae,
and Hydropsychidae) with large numbers of specimens available in each sample.
Each macroinvertebrate specimen was identified to the lowest possible taxonomic
level (usually genus or species). However, several taxa with limited systematic
information (e.g., Coleoptera and Diptera) were identified only to the family level.
All individuals were counted and converted to individuals/m2.
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2.4. Data Analysis

Differences in environmental variables and macroinvertebrate assemblages were
identified among the five major river watersheds by the Kruskal–Wallis test, followed
by Dunn’s nonparametric multiple comparison test if they are significantly different
(p < 0.05). Spearman’s rank correlation analysis was used to indicate the relationships
between the most dominant taxa and environmental variables. A cluster analysis was
conducted to classify the benthic macroinvertebrate communities using the flexible
beta method (beta = ´0.25) with the Sørenson distance measure [29]. Samples were
classified into clusters based on similarities in the community composition. The
multi-response permutation procedure (MRPP, [30]), which is a non-parametric
method to test for differences in assemblage structure among a priori defined
groups [31], was conducted to evaluate differences among clusters. Differences
in environmental variables among clusters were evaluated using the Kruskal–Wallis
test and Dunn’s nonparametric multiple comparison test. The Kruskal–Wallis test,
Dunn’s test and Spearman correlation analysis were performed with STATISTICA
software (StatSoft, Inc., version 7, Tulsa, OK, USA).

Indicator species analysis (IndVal, [32]) was performed to evaluate potential
indicator species in each cluster defined in advance. The indicator value of a species
is the product of its relative abundance and frequency (ˆ 100), ranging from 0 (no
indication) to 100 (perfect indication) [33]. A perfect indicator of a particular group
should be faithful and exclusive to that group, never occurring in other groups [29].
A species in a cluster that had an indicator value greater than in any other cluster
was defined as good indicator species for that cluster in this study. A Monte Carlo
method was performed to test the significance of indicator values.

Canonical correspondence analysis (CCA) was used to relate macroinvertebrate
assemblages to environmental variables and to identify which environmental
variables could best differentiate among the clusters [34]. Monte-Carlo simulations
were carried out to verify whether variables exerted a significant effect (p < 0.05)
on macroinvertebrate distributions. For the cluster analysis and CCA, those taxa
with less than 0.2% of total abundance were excluded to minimize the effects of
rare taxa. Taxa abundance data were transformed to log (x + 1) in both analyses to
down-weight the effects of dominant taxa. Square-root-transformation was used for
the environmental parameters expressed in percentages (e.g., type of land use and
substrate composition), and the other variables were transformed to log (x + 1) except
pH. After these processes all environmental variables were rescaled in the range
of 0 and 1 based on the minimum-maximum range normalization [25]. Spearman
correlation coefficients between scores and environmental variables were calculated
to assist interpretation of changes in community profile using STATISTICA software
(StatSoft, Inc., version 7, Tulsa, OK, USA). Cluster analysis, IndVal, MRPP and CCA
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were conducted using PC-ORD software (ver. 4.25, MjM Software Design, Gleneden
Beach, OR, USA) [34].

3. Results

3.1. Environmental Characteristics

Despite a large variation, physicochemical factors were significantly different
among watersheds (Table 1). On average, the altitude, percent forest, and water
velocity of the HRW and SRW were the higher than the other watersheds. The SRW
streambeds were very heterogeneous with the highest percentage of coarse-sized
particles, whereas those of the YRW contained a large amount of fine sediment.
High altitude, fast water velocity and substrate complexity in both the HRW and
SRW indicated good in-stream habitat conditions and potential to support high
biodiversity and abundance of macroinvertebrates (Table 1a). The other three
watersheds (NRW, GRW and YRW) were characterized by low altitude and a high
proportion of agricultural land use.

Water quality parameters varied more prominently than physical variables
among river watersheds (Table 1b). The average concentrations of DO, BOD, TN, TP,
and turbidity were generally lower in the SRW than those in the other watersheds.
EC varied widely depending on the sampling location, with the highest values
near estuaries. Nutrient-related factors were particularly high in the GRW, YRW,
and HRW.

3.2. Benthic Macroinvertebrate Assemblages

A total of 340 taxa, belonging to 113 families in 23 orders of five phyla, were
identified in the five major river watersheds during the survey. Most of these were
aquatic insects (272 species) including 144 Ephemeroptera Plecoptera Trichoptera
(EPT; 62 mayflies, 24 stoneflies and 58 caddisflies) taxa and 35 Dipteran species.
Taxa richness from the 720 sampling sites ranged from 0 to 49 with a mean of
14.4 (˘ 9.1) with the highest diversity at HRW and the lowest in YRW (Table 2a). In
contrast, homogeneous streambeds and nutrient enrichment attributed to relatively
low Shannon diversity index and high dominance index in both the NRW and YRW.
The proportion of EPT taxa richness ranged from 40.1% (GRW) to 54.8% (SRW).
One-way ANOVA revealed that taxa abundance significantly differed among river
watersheds at p < 0.01, whereas there were no great differences for the relative
abundance of each taxonomic group among watersheds (Table 2b).
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Korean stream ecosystems were characterized by a few predominant colonizers
and a majority of rare taxa in macroinvertebrate assemblage composition. The most
abundant and widespread taxa were a worm (Limnodrilus gotoi Hatai) and midge
larvae (Chironomidae spp.) with their relative abundance of approximately 50% of
total density throughout the whole river watershed. Other dominant species were
mayflies (i.e., Baetis fuscatus (Linnaeus), Epeorus pellucidus (Brodsky) and Uracanthella
punctisetae (Matsumura)) and netspinning caddisflies (Cheumatopsyche brevilineata
Iwata, Hydropsyche valvata Martynov and Hydropsyche kozhantschikovi Martynov)
among the different stream and river systems, most of which were dominant in
somewhat nutrient-rich habitats at middle or lower streams. However, over 50%
(195 taxa) of the fauna was present with low occurring frequency (less than 2% of all
sites) and 90% with low abundance (less than 0.2%).

The environmental relationships of the dominant taxa were stronger with the
physical variables (i.e., altitude, water velocity and streambed conditions) than
with the chemical variables, among which water velocity was the most significant
parameter. Consequently, significant positive relationships existed in most dominant
taxa with peak abundance at a moderate velocity of 50–100 cm/s, particularly for
E. pellucidus (r = 0.410, p < 0.001) and C. brevilineata (r = 0.435, p < 0.001) (Figure 2).
Baetiella tuberculata (Kazlauskas), U. punctisetae and H. valvata tended to occur in their
highest densities at the fast velocity (120–140 cm/s). No clear tendency was observed
for Chironomidae spp.

3.3. Macroinvertebrate-Based Site Classification

The cluster analysis, based on the similarity in the benthic macroinvertebrate
composition, largely classified the 720 sampling sites into two clusters and
subsequently sub-clustered them into five groups. As a result, 126 sampling sites
were included in Group 1a; 199 sites in Groups 1b; 106 sites in Group 2a; 118 sites in
Group 2b; and 171 sites in Group 2c (Figure 1). MRPP validated these five groups
with significant differences (A = 0.484, p < 0.001). The differences in environmental
variables among the clusters are shown in Figure 3. The most important indicator
taxa for each cluster are shown with their indicator values in Table 3.
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Figure 2. Distribution patterns of dominant macroinvertebrates along with water
velocity. Data are given as arithmetic means with standard deviation. Spearman’s
rank correlation coefficients between water velocity and abundance of each
dominant species are included. (a) Uracanthella punctisetae; (b) Epeorus pellucidus;
(c) Baetiella tuberculata; (d) Chironomini sp.; (e) Cheumatopsyche brevilineata;
(f) Hydropsyche valvata.
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Figure 3. Distribution of selected environmental variables among the five clusters
of the 720 sampling sites which were identified by cluster analysis with Sørenson
distance measure. Box represents the 25th and 75th percentiles and whiskers
indicate the 5th and 95th percentiles with standard deviations (error bar). The mean
(horizontal dotted line) and median (horizontal solid line) are shown in each box.
Different small letters indicate significant difference based on a Dunn’s multiple
comparison test at p < 0.05.
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Table 3. Indicator values (%) for the most important species (p < 0.05) in each cluster
group. Monte Carlo tests (999 permutations) were used to assess the significance of
each species as an indicator for the respective group (G1a–G2c). In total 50 species
whose contribution to total density was higher than 0.2% were analyzed. Less
important species were not shown in this table.

Taxa
Cluster Group

p
G1a G1b G2a G2b G2c

Rhyacophila nigrocephala Iwata 47 16 0 0 0 0.001
Epeorus nipponicus (Uéno) 46 1 0 0 0 0.001
Glossosoma KUa 44 4 0 0 0 0.001
Drunella aculea (Allen) 44 1 0 0 0 0.001
Hydropsyche orientalis Martynov 40 7 1 1 0 0.001

Uracanthella punctisetae
(Matsumura)

21 48 6 6 0 0.001

Hydropsyche valvata Martynov 6 46 2 9 0 0.001
Cheumatopsyche brevilineata
Iwata

15 41 5 10 0 0.001

Hydropsyche kozhantschikovi
Martynov

21 40 3 16 0 0.001

Psychomyia sp. 0 32 1 5 0 0.001

Ephemera orientalis McLachlan 2 20 41 5 2 0.001
Ecdyonurus levis (Navás) 5 28 40 1 0 0.001
Ecdyonurus joernensis Bengtsson 0 12 25 1 0 0.001
Mataeopsephus KUa 0 16 23 0 0 0.001
Asellus sp. 0 2 11 3 6 0.001

Hirudo nipponia Whitman 1 10 2 28 4 0.001
Chironomini sp. 1 7 9 27 21 0.001
Limnodrilus gotoi Hatai 5 12 18 23 9 0.001

Micronecta sedula Horváth 0 0 0 0 20 0.001
Physa acuta Draparnaud 2 3 2 12 16 0.001
Micronecta sp. 0 0 5 0 5 0.007

Total number of significant
indicator species

12 21 8 3 3 -

Each cluster was clearly differentiated according to the differences of instream
physicochemical conditions and geographical location of sampling sites. The cluster
analysis discriminated less polluted streams with low EC and fast flowing water
(Group 1) from moderately or severely polluted steams with high EC and slow
water velocity (Group 2). Group 1a (G1a), congregating in the HRW, consisted
specifically of mountainous upper streams although a tenth of this group was scattered
over the other watersheds except the YRW. This group consisted of oligotrophic
streams with distinguishing features of the highest altitude, the lowest BOD and
nutrient concentrations, and the fastest water velocity. Additionally, the catchment
was predominantly comprised of forested area. The best indicator species for this
group were characterized as high sensitivity against organic pollution (e.g., Rhyacophila
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nigrocephala Iwata, Epeorus nipponicus (Uéno), Drunella aculea (Allen) and Hydropsyche
orientalis Martynov). Group 1b (G1b) contained the largest number of sampling sites
and was widely distributed throughout all river watersheds but mostly encompassing
the agricultural and forested catchment. G1a and G1b closely resembled chemical
environments, but steam sites belonging to G1b displayed mesotrophic condition with
slightly higher BOD and nutrients than those of G1a. There existed the largest number of
indicator species in G1b, among which U. punctisetae showed the highest indicator value.

G2a mostly included sites located in middle reaches of large rivers and their
tributaries, particularly in the NRW and SRW. Although Group 2a (G2a) was similar
in overall environmental characteristics to G1b, G2a was characterized with slightly
lower altitude, higher EC and a lower water velocity when compared with G1b.
Sampling sites suffering from poor water quality with organic degradation and
nutrient enrichment were confined to Group 2b with the highest BOD, TN, and TP
concentrations. These sites were influenced by the highest degree of agriculture
and/or urbanization. The significant indicator species of this group were Hirudo
nipponia Whitman, Chironomini sp. and L. gotoi, indicating high trophy and
saprobity [35]. Water quality conditions in Group 2c (G2c) were as poor as those
of G2b with the highest EC. Sites in this group were characterized with the lowest
water velocity and the largest proportion of fine particles because G2c was gathered
by streams adjacent to estuaries, large rivers, and dammed streams. The only three
weak indicator species appeared in G2c.

3.4. Environmental Variables Affecting Macroinvertebrate Distributions

A CCA was performed to understand how macroinvertebrates were distributed
along environmental gradients (Figure 4). Total variability explained in the species
data was 15.9% (Table 4). The eigenvalues of the first CCA axis (0.281) and the
second CCA axis (0.101) were significant (p < 0.01; 99 Monte Carlo permutation test).
All three CCA results were significant based on a Monte Carlo permutation test
(p < 0.01).
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Figure 4. Ordination plots constructed by canonical correspondence analysis for
all sampling sites (n = 720). The plots present the ordination of sampling sites (a)
and macroinvertebrates (b) with relative contributions of environmental variables
(c) for the first two axes. Only species contributing >0.2% to total abundance were
included. The summary of ordination results is presented in Table 4 and the codes
for each taxon are shown in Appendix Table A1.
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Table 4. Spearman’s rank correlation coefficients and probabilities of environmental
variables and the CCA axes (** p < 0.01, * p < 0.05) (a), and summary of CCA results
(n = 720) (b). All axes were significant based on Monte Carlo permutation procedures.

Variables Axis 1 Axis 2 Axis 3

(a) Correlation coefficients

Altitude 0.793 ** 0.236 ** 0.013
Stream order ´0.105 ** ´0.658 ** 0.099 **

% Urban ´0.218 ** 0.134 ** ´0.317 **
% Agriculture ´0.199 ** ´0.273 ** 0.133 **

% Forest 0.504 ** 0.055 0.266 **
Water velocity 0.662 ** ´0.054 ´0.510 **

% Fine particles ´0.744 ** 0.325 ** ´0.076 *
% Coarse particles 0.747 ** ´0.327 ** 0.075 *

pH 0.011 ´0.236 ** 0.007
DO 0.304 ** ´0.467 ** ´0.166 **

BOD ´0.550 ** 0.164 ** ´0.370 **
EC ´0.196 ** ´0.278 ** ´0.116 **
TN ´0.463 ** 0.266 ** ´0.387 **
TP ´0.373 ** 0.229 ** ´0.314 **

(b) Summary of CCA results

Eigenvalue 0.281 0.101 0.073
% variance explained in taxa data 9.8 3.5 2.5
Cumulative % variance explained 9.8 13.3 15.9

p value 0.010 0.010 0.010

Total variance 2.869 - -

The five clusters were well separated in the CCA ordination plot (Figure 4a).
Both the G1a and G1b groups with good physicochemical environments were
positioned on the right side of the ordination plot, and G2b and G2c were on the
opposite side. However, the G2a group straddled both sides. Eight environmental
variables (i.e., BOD, TN, TP, altitude, water velocity, % forest, % fine particles, and
% coarse particles) had significant correlations with the first axis, among which
altitude was the most significant contributor (r = 0.793, p < 0.01), followed by %
coarse particles (r = 0.747, p < 0.01) and % fine particles (r = ´0.744, p < 0.01) (Table 4).
All physical factors except for % fine particles were in the opposite direction from
the chemical variables (Figure 4c). This result suggests that the decline in altitude
reflected deterioration in water quality, accompanied by increases in organic material
and nutrients. The heterogeneity of the macroinvertebrate habitats also decreased
with the longitudinal gradient toward downstream. The second axis was negatively
related with stream order (r = ´0.658, p < 0.01) and DO (r = ´0.467, p < 0.01). High
positive scores with the first axis were denoted for the rhithronic (i.e., pertaining to
the headwaters) and intolerant species (e.g., Drunella aculea (Allen), E. nipponicus,

136



Glossosoma sp., R. nigrocephala Iwata and H. orientalis), whereas negative scores were
observed for the potamic (i.e., pertaining to rivers) and tolerant taxa (e.g., Micronecta
sedula Horváth, Physa acuta Draparnaud, Labiobaetis atrebatinus (Eaton) and Asellus
hilgendorfii Bovalius) (Figure 4b).

4. Discussion

The Asian monsoon region is a global biodiversity hotspot suffering from
increasing anthropogenic disturbances, but aquatic biodiversity and ecosystem
integrity remain poorly explored [3]. This is the same situation in Korea, but recent
establishment of the National Aquatic Ecological Monitoring Program [36] opened a
new era to assess ecosystem health and biodiversity in Korea. Our work presented in
this paper takes advantage of the opportunity of such a nationwide scale of survey.
Although the five river watersheds in Korea exhibited differences in environmental
conditions and macroinvertebrate taxa abundance, overall taxonomic composition at
each watershed displayed little difference (Table 2). Instead, a considerable spatial
variation in benthic macroinvertebrate assemblages accounted for the combination
of both ultimate (e.g., altitude and the degree of land use) and proximate factors
(e.g., flow, stream bed substrate, BOD, EC, and nutrients). This finding was in line
with previous studies of benthic diatoms in Korea [25] and macroinvertebrates in
other Asian countries [12,37], suggesting the importance of various multi-scale
factors in structuring macroinvertebrate assemblages [38]. Our results provide
basal information for the sustainable management and conservation practices of
stream ecosystems.

4.1. Macroinvertebrate Taxonomic Composition

The macroinvertebrate assemblages in Korean stream ecosystems generally
bear resemblance to those in tropical and other temperate streams at higher
taxonomic levels [35,39]. However, temperate Korean streams were relatively rich
in Ephemeroptera, Diptera, and Trichoptera when compared with tropical streams
for the higher biodiversity of Gastropoda, Decapoda and other insect orders such as
Odonata and Hemiptera [39,40] (Table 2). The taxonomic composition also included a
large number of rhithronic fauna that prefer stony substrates. For example, Baetidae,
Heptageniidae, and Ephemerellidae mainly dominated the Ephemeroptera, and
Rhyacophilidae and Hydropsychidae composed the Trichoptera in this study.

We confirmed a total of 340 macroinvertebrate taxa in this study. Of the
macroinvertebrate taxa, chironomid midge larvae and a small minnow mayfly
(B. fuscatus) were extensively encountered throughout Korean stream environments
with the highest occurring frequency with 94% and 76% of total sampling sites,
respectively. Temperate Korean streams were also characterized with a few
predominant colonizers and a majority of rare taxa in macroinvertebrate taxonomic
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composition. Moreover, only six cosmopolitan taxa were noticeably comprised
of >60% of all macroinvertebrate samples, which were L. gotoi, Chironomidae spp.,
U. punctisetae, C. brevilineata, H. valvata and H. kozhantschikovi. These dominant taxa
were found to be significant indicators of mesotrophic or polytrophic streams in
our study (Table 3), consistent with a result that most Korean streams and rivers
were degraded in both chemical and biological status [36]. On the other hand, most
Korean streams were occupied by a great number of rare macroinvertebrate species
with a small distribution range and/or low abundance, as was also demonstrated in
other studies [41,42].

4.2. Environmental Relationships with Macroinvertebrate Distribution

Benthic habitats are complex, and a variety of environmental variables acting at
multiple spatial scales regulate the composition and distribution patterns of stream
macroinvertebrate assemblages in an exclusive or synergistic fashion [38,43]. We
revealed that the variables associated with altitude and in-stream habitats best
accounted for the largest amount of variability in our macroinvertebrate data
set, supporting the more important determinants of local environmental factors
than broad or regional parameters [16,44]. The importance and role of local
environmental variables have also been highlighted in other aquatic communities:
aquatic macrophytes [45], freshwater phytoplankton [46], benthic diatoms [44],
intertidal macroinvertebrates [47], and fish [48]. However, a comprehensive
understanding of multispatial scales is needed because of significant correlations
between macrohabitat and microhabitat characteristics, depending on the relative
size of the area studied [3].

In our study, the variability among the macroinvertebrate-based stream groups
was more prominently explained by the altitudinal gradients together with streambed
composition and water velocity than chemical variables (Table 3). First, the most
widely accepted theory related to altitudinal changes is the river continuum concept
(RCC), which displays structural and functional responses to the longitudinal
gradient [49]. Altitude has also been well documented in other studies as a main
descriptor to determine macroinvertebrate richness as well as other environmental
variables such as temperature, hydrology, food availability, streambed condition, and
water chemistry [3,50]. However, we revealed poor relationships of altitude with
water chemistry in contrast with significant associations with physical variables
and biological attributes such as taxa richness, EPT richness, EPT abundance,
and the Shannon diversity index. This may be due to the fact that over half
of the studied streams corresponded to lowland streams below 100 m a.s.l.,
which were characterized by moderate or slightly poor water quality with severe
variations in BOD, TN, TP, and Shannon diversity-based saprobity [36,51] (Table 1).
Harding et al. [52] demonstrated that increasing human land use intensity along a
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river continuum caused water quality degradation, consequently leading to changes
in taxonomic composition from intolerant EPT dominated to tolerant taxa-dominated
assemblages despite a gradual increase in taxa abundance by a few dominant species.

Riffle habitats are commonly characterized by shallow water depth, oxygenating
fast-flowing water, and stony beds, and exhibit higher taxa richness and abundance
than that at pools or habitats with fine sediment, as in our case [3,42,53]. Such
hydraulic conditions are critical determinants for the distribution and species
composition of benthic organisms [16,54] and are the driving forces for evolution
of their morphologies and life history [11]. Rheophilous (i.e., having an affinity for
running waters) and limnophilous taxa were clearly discriminated based on the
correlation analysis (Figure 2) and CCA (Figure 4) results. For example, well-known
rhithronic species in two Ephemeropteran (Ephemerellidae and Heptageniidae) and
one Trichopteran (Hydropsychidae) families mostly displayed high preference to
the mid- or fast current conditions, which corresponds to the intolerant scraper or
filtering collector groups abundant in upper and middle stream reaches [49]. Thus,
biological monitoring and assessment programs using rheophilic macroinvertebrates
would benefit from their ecological characteristics and their indication of good
environmental quality (e.g., [42]) although seasonal fluctuations in hydraulic
parameters by the Asian monsoon more critically cause a catastrophic drift and
washout of benthic organisms.

Streambed composition is one of the most important factors to directly influence
richness and abundance of macroinvertebrates on local scales [12,16]; thus, close
correlations would be expected with variables related to longitudinal changes
in stream ecosystems. Boulders and cobbles are typically the major structural
elements in steep gradient upper streams, whereas sand and smaller sediments
predominate in the lower reaches [55]. There have been a large number of studies
on the macroinvertebrate-substrate relationship, most of which have revealed that
macroinvertebrate diversity and density increase with higher heterogeneity due
to the available stable and diverse microhabitats (e.g., [10,43]). Therefore, factors
determining macroinvertebrate communities at local scales obviously put a priority
on the streambed conditions rather than water quality or other physical variables.
We found that the mainstreams of the Nakdong River, which contained about
60% fine particles, retained the lowest taxa richness (8.2 on average, n = 18) and
abundance (747 individuals/m2) among five major rivers despite its good water
quality condition (mean BOD, 1.9 and TN, 1.8 mg/L) with the exception of the
severely polluted Youngsan River (8.9 taxa richness and 7.3 BOD, n = 13). These
results indicate that homogeneous streambeds with greater fine particles support
lower diversity and abundance even when streams maintain good water quality [56].
Additionally, organic pollution could transform the coarse substrate into an organic
rich soft bottom, altering the community structure from dominated by diverse and
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intolerant species to communities predominated by a few tolerant species [3,20], as
in the case of the Youngsan River.

4.3. Considerations to Improve Macroinvertebrate Biomonitoring Programs

Not until 2006 did Korea adopt biological water quality criteria and the concept
of ecological integrity in the water quality program [25,36]. Since then, Korean
government has led a biological survey of streams and rivers (i.e., NAEMP) every year
to assess the current biological status of stream and river ecosystems, and to develop
a strategy for the restoration and management of disturbed systems [25]. As a part
of a nationwide survey benthic macroinvertebrates are also monitored based on the
guidelines and assessment tools [27]. Notwithstanding their suitability for convenient
and rapid bio-assessment, there remain debatable issues as to whether the methods
for sampling and treating macroinvertebrates are effective to provide a reliable and
accurate indication of the macroinvertebrate fauna throughout the country.

The Korean national biomonitoring program presents field sampling in a
cost-effective and time-saving manner for rapid bio-assessment. To satisfy this
purpose benthic macroinvertebrates are optimized to be collected at riffle and/or
gliding run habitats using a Surber sampler with three replicates [27]. However, such
sampling methods probably underestimate overall biodiversity in stream ecosystems,
considering the whole stream environment. First, single-habitat sampling possibly
produces incomplete taxa lists and includes no target habitats at certain sites
despite its advantage that the influences of both water and habitat quality on
macroinvertebrates are not confounded by instream habitat variation [57]. In this
regard, a multihabitat approach would be more profitable for the estimation of
taxonomic diversity due to its consistent application across stream types especially at
large-scaled survey, comprehensive taxa lists, and effective assessment of ecological
conditions [58]. Second, the Surber sampler is one of the most commonly used
quantitative tools in lotic systems and provides high-precision information on
the abundance and composition of macroinvertebrate assemblages [21,59]. This
method is, on the other hand, usually more appropriate for riffle habitats of shallow
streams, presumably underestimating overall biodiversity in a region. Recent studies
on the comparison between sampling devices suggested that artificial substrates
(e.g., leaf-bags) would be used as complementary tools due to their discriminative
taxonomic composition [60–62]. Third, a majority of biomonitoring programs
widely adopt three to five replicates for lotic ecosystems because one way to reduce
monitoring costs is to decrease the sample size [21,63,64]. The previous studies
also showed that such a small number of replicates rarely influenced ecological
health assessment, particularly for the indices applying sensitivity/tolerance taxa, as
the same for NAEMP [65–67]. Nevertheless, small sample sizes may influence
the values of biological measures and the representativeness for a real benthic
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community based on the asymptotic relationship of the number of taxa with both
the sampling area and the collected individuals [68]. Finally, sieve mesh size could
also affect the accurate estimates of taxonomic diversity and environmental quality
assessment [67]. Finer mesh sizes more accurately represent macroinvertebrate
assemblages than coarser mesh sizes, whereas they need more efforts to handle
specimens. On the contrary, coarser mesh sizes undervalue the original density
and taxa richness of macroinvertebrate assemblages by passing small individuals
through the sieves and result in higher diversity [69]. Considering the tradeoff
between cost and effectiveness, many rapid bio-assessments determine 0.5 mm mesh
size as a reasonable choice [21,64,70]. Therefore, future researches are required for
identifying optimal sampling effort comprehensively considering cost-effectiveness,
easy applicability, and well representative of resident macroinvertebrate assemblages.

5. Conclusions

Large-scale knowledge on environmental relationships of aquatic communities
is crucial to conserve freshwater biodiversity and sustain ecological integrity.
Korean stream macroinvertebrate assemblages were determined not only by
regional and physical instream variables but also by pollution-related parameters at
nation-wide scale. Macroinvertebrate-based site classification evidently provided
an environmental characterization for different types of Korean streams, indicating
that benthic macroinvertebrates are a valuable biomonitoring material. The results
of this study provide important information and a bridge for further work such
as the assemblage—specific responses to environmental disturbance. Our results
also contribute to establishing effective management practices, implementing
conservation measures, and developing more reliable biological monitoring tools for
sustainable freshwater ecosystems.
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Appendix A

Table A1. Codes for macroinvertebrates contributing to more than 0.2% of total
abundance for canonical correspondence analysis in Figure 4.

Code Taxon
Phylum Platyhelminthes

DugSp Dugesia sp.
Phylum Mollusca

SemLi Semisulcospira libertina (Gould)
PhyAc Physa acuta Draparnaud

Phylum Annelida
LimGo Limnodrilus gotoi Hatai
HirNi Hirudo nipponia Whitman

Phylum Arthropoda
Class Crustacea

AseSp Asellus sp.
GamSp Gammarus sp.

Class Insecta

Order Ephemeroptera

BaeTu Baetiella tuberculata (Kazlauskas)
BaeFu Baetis fuscatus (Linnaeus)
BaeUr Baetis ursinus Kazlauskas
LabAt Labiobaetis atrebatinus (Eaton)
NigBa Nigrobaetis bacillus (Kluge)
EcdBa Ecdyonurus bajkovae Kluge
EcdJo Ecdyonurus joernensis Bengtsson
EcdKi Ecdyonurus kibunensis Imanishi
EcdLe Ecdyonurus levis (Navás)
EpeNi Epeorus nipponicus (Uéno)
EpeLa Epeorus latifolium (Uéno)
EpePe Epeorus pellucidus (Brodsky)
ChoAl Choroterpes altioculus Kluge
ParJa Paraleptophlebia japonica (Matsumura)
PotFo Potamanthus formosus Eaton
RhoCo Rhoenanthus coreanus (Yoon and Bae)
DruAc Drunella aculea (Allen)
EphOr Ephemera orientalis McLachlan
SerSe Serratella setigera (Bajkova)
UraPu Uracanthella punctisetae (Matsumura)
CaeNi Caenis nishinoae Malzacher

Order Hemiptera

MicSe Micronecta sedula Horváth
MicSp Micronecta sp.

Order Coleoptera

ElmSp Elmidae sp.
EubKa Eubrianax KUa
MatKa Mataeopsephus KUa
PseKa Psephenoides KUa
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Table A1. Cont.

Code Taxon

Order Diptera

AntKa Antocha KUa
CulSp Culex sp.
ChiSp Chironomidae spp. (non-red type)
ChiRe Chironomini spp. (red-type)

Order Trichoptera

RhyNi Rhyacophila nigrocephala Iwata
HydKa Hydroptila KUa
GloKa Glossosoma KUa
CheBr Cheumatopsyche brevilineata Iwata
CheKa Cheumatopsyche KUa
CheKb Cheumatopsyche KUb
HydKo Hydropsyche kozhantschikovi Martynov
HydKb Hydropsyche KUb
HydOr Hydropsyche orientalis Martynov
HydVa Hydropsyche valvata Martynov
MacRa Macrostemum radiatum McLachlan
PsySp Psychomyia sp.

References

1. Dudgeon, D.; Arthington, A.H.; Gessner, M.O.; Kawabata, Z.I.; Knowler, D.J.; Lévêque, C.;
Naiman, R.J.; Prieur-Richard, A.H.; Soto, D.; Stiassny, M.L.J.; et al. Freshwater
biodiversity: Importance, threats, status and conservation challenges. Biol. Rev. 2006, 81,
163–182.

2. Strayer, D.L.; Dudgeon, D. Freshwater biodiversity conservation: Recent progress and
future challenges. J. N. Am. Benthol. Soc. 2010, 29, 344–358.

3. Li, F.; Chung, N.; Bae, M.-J.; Kwon, Y.-S.; Park, Y.-S. Relationships between stream
macroinvertebrates and environmental variables at multiple spatial scales. Freshwater Biol.
2012, 57, 2107–2124.

4. Dudgeon, D. The ecology of tropical Asian rivers and streams in relation to biodiversity
conservation. Annu. Rev. Ecol. Syst. 2000, 31, 239–263.

5. De Silva, S.S.; Abery, N.W.; Nguyen, T.T.T. Endemic freshwater finfish of Asia:
Distribution and conservation status. Divers. Distrib. 2007, 13, 172–184.

6. Vörösmarty, C.J.; McIntyre, P.B.; Gessner, M.O.; Dudgeon, D.; Prusevich, A.; Green, P.;
Glidden, S.; Bunn, S.E.; Sullivan, C.A.; Liermann, C.E.; et al. Global threats to human
water security and river biodiversity. Nature 2010, 467, 555–561.

7. Strayer, D.L. Challenges for freshwater invertebrate conservation. J. N. Am. Benthol. Soc.
2006, 25, 271–287.

8. Buss, D.F.; Baptista, D.F.; Silveira, M.P.; Nessimian, J.L.; Dorvillé, L.F.M. Influence of
water chemistry and environmental degradation on macroinvertebrate assemblages in a
river basin in south-east Brazil. Hydrobiologia 2002, 481, 125–136.

143



9. Bott, T.L.; Brock, J.T.; Dunn, C.S.; Naiman, R.J.; Ovink, R.W.; Petersen, R.C. Benthic
community metabolism in four temperate stream systems: An inter-biome comparison
and evaluation of the river continuum concept. Hydrobiologia 1985, 220, 109–117.

10. Merz, J.R.; Ochikubo Chan, L.K. Effects of gravel augmentation on macroinvertebrate
assemblages in a regulated California river. River Res. Appl. 2005, 21, 61–74.

11. Nelson, S.M.; Lieberman, D.M. The influence of flow and other environmental factors on
benthic invertebrates in the Sacramento River, USA. Hydrobiologia 2002, 489, 117–129.

12. Jiang, X.M.; Xiong, J.; Qiu, J.W.; Wu, J.M.; Wang, J.W.; Xie, Z.C. Structure of
macroinvertebrate communities in relation to environmental variables in a subtropical
Asian river system. Int. Rev. Hydrobiol. 2010, 95, 42–57.

13. Vought, L.B.M.; Kullberg, A.; Petersen, R.C. Effect of riparian structure, temperature
and channel morphometry on detritus processing in channelized and natural woodland
streams in southern Sweden. Aquat. Conserv. Mar. Freshw. Ecosyst. 1998, 8, 273–285.

14. Townsend, C.R.; Hildrew, A.G.; Francis, J. Community structure in some southern English
streams: The influence of physicochemical factors. Freshw. Biol. 1983, 13, 521–544.

15. Richards, C.; Haro, R.J.; Johnson, L.B.; Host, G.E. Catchment and reach-scale properties
as indicator of macroinvertebrate species traits. Freshw. Biol. 1997, 37, 219–230.

16. Sandin, L. Benthic macroinvertebrates in Swedish streams: Community structure, taxon
richness, and environmental relations. Ecography 2003, 26, 269–282.

17. Leps, M.; Tonkin, J.D.; Dahm, V.; Haase, P.; Sundermann, A. Disentangling environmental
drivers of benthic invertebrate assemblages: The role of spatial scale and riverscape
heterogeneity in a multiple stressor environment. Sci. Total Environ. 2015, 536, 546–556.

18. Heino, J. Biodiversity of aquatic insects: Spatial gradients and environmental correlates
of assemblage-level measures at large scales. Freshw. Rev. 2009, 2, 1–29.

19. Shah, D.N.; Tonkin, J.D.; Haase, P.; Jähnig, S.C. Latitudinal patterns and large-scale
environmental determinants of stream insect richness across Europe. Limnologica 2015,
55, 33–43.

20. Rossaro, B.; Pietrangelo, A. Macroinvertebrate distribution in streams: A comparison of
CA ordination with biotic indices. Hydrobiologia 1993, 263, 109–118.

21. Rosenberg, D.M.; Resh, V.H. Freshwater Biomonitoring and Benthic Macroinvertebrates;
Chapman and Hall: New York, NY, USA, 1993.

22. Charvet, S.; Statzner, B.; Usseglio-Polatera, P.; Dumont, B. Traits of benthic
macroinvertebrates in semi-natural French streams: An initial application to
biomonitoring in Europe. Freshw. Biol. 2000, 43, 277–296.

23. Korea Meteorological Administration (KMA). The Meteorological Yearbook in Korea; KMA:
Seoul, Korea, 2010. (in Korean)

24. Jeong, K.S.; Hong, D.G.; Byeon, M.S.; Jeong, J.C.; Kim, H.G.; Kim, D.K.; Joo, G.J. Stream
modification patterns in a river basin: Field survey and self-organizing map (SOM)
application. Ecol. Inform. 2010, 5, 293–303.

144



25. Hwang, S.-J.; Kim, J.-Y.; Yoon, S.-A.; Kim, B.-H.; Park, M.-H.; You, K.-A.; Lee, H.-Y.;
Kim, H.-S.; Kim, Y.-J.; Lee, J.; et al. Distribution of benthic diatoms in Korean rivers and
streams in relation to environmental variables. Ann. Limnol. Int. J. Limnol. 2011, 47,
S15–S33.

26. Craig, D.A. Some of what you should know about water. Bull. N. Am. Benthol. Soc. 1987,
4, 178–182.

27. The Ministry of Environment/National Institute of Environmental Research
(MOE/NIER). Survey and Evaluation of Aquatic Ecosystem Health in Korea; MOE/NIER:
Incheon, Korea, 2012.

28. American Public Health Association (APHA). Standard Methods for the Examination of
Water and Wastewater, 21st ed.; APHA: Washington, DC, USA, 2001.

29. McCune, B.; Grace, J.B. Analysis of Ecological Communities; MjM Software Design:
Gleneden Beach, OR, USA, 2002.

30. Mielke, P.W.; Berry, K.J.; Johnson, E.S. Multiresponse permutation procedures for a priori
classifications. Commun. Stat. 1976, A5, 1409–1424.

31. Zimmerman, G.M.; Goetz, H.; Mielke, P.W. Use of an improved statistical method for
group comparisons to study effects of prairie fire. Ecology 1985, 66, 606–611.

32. Dufrene, M.; Legendre, P. Species assemblages and indicator species: The need for
flexible asymmetrical approach. Ecol. Monogr. 1997, 67, 345–366.

33. Petersen, W.T.; Keister, J.E. Interannual variability in copepod community composition
at a coastal station in the northern California Current: A multivariate approach. Deep Sea
Res. 2003, 50, 2499–2517.

34. McCune, B.; Mefford, M.J. Multivariate Analysis of Ecological Data (Version 4.25); MjM
Software: Gleneden Beach, OR, USA, 1999.

35. Wang, X.; Cai, Q.; Tang, T.; Yang, S.; Li, F. Spatial distribution of benthic
macroinvertebrates in the Erhai basin of southwestern China. J. Freshw. Ecol. 2012,
27, 89–96.

36. Lee, S.-W.; Hwang, S.-J.; Lee, J.-K.; Jung, D.-I.; Park, Y.-J.; Kim, J.-T. Overview and
application of the National Aquatic Ecological Monitoring Program (NAEMP) in Korea.
Ann. Limnol. Int. J. Limnol. 2011, 47, S3–S14.

37. Hoang, T.H.; Lock, K.; Chi Dang, K.; de Pauw, N.; Goethals, P.L.M. Spatial and temporal
patterns of macroinvertebrate communities in the Du River Basin in Northern Vietnam.
J. Freshw. Ecol. 2010, 25, 637–647.

38. Bae, M.-J.; Kwon, Y.; Hwang, S.-J.; Con, T.-S.; Yang, H.-J.; Kwak, I.-S.; Park, J.-H.;
Ham, S.-A.; Park, Y.-S. Relationships between three major stream assemblages and
their environmental factors in multiple spatial scales. Ann. Limnol. Int. J. Limnol. 2011,
47, S91–S105.

39. Jacobsen, D.; Cressa, C.; Mathooko, J.M.; Dudgeon, D. Macroinvertebrates: Composition,
life histories and production. In Aquatic Ecosystems: Tropical Stream Ecology; Dudgeon, D.,
Ed.; Elsevier Science: London, UK, 2008; pp. 65–105.

40. Hoang, D.H.; Bae, Y.J. Aquatic insect diversity in a tropical Vietnamese stream in
comparison with that in a temperate Korean stream. Limnology 2006, 7, 45–55.

145



41. Cao, Y.; Williams, D.D.; Williams, N.E. How important rare species in aquatic community
ecology and bioassessment? Limnol. Oceanogr. 1998, 43, 1403–1409.

42. Nijboer, R.C.; Schmidt-Kloiber, A. The effect of excluding taxa with low abundances or
taxa with small distribution ranges on ecological assessment. Hydrobiologia 2004, 516,
347–363.

43. Braccia, A.; Voshell, J.R. Environmental factors accounting for benthic macroinvertebrate
assemblage structure at the sample scale in streams subjected to a gradient of cattle
grazing. Hydrobiologia 2006, 573, 55–73.

44. Soininen, J.; Paavola, R.; Muotka, T. Benthic diatom communities in boreal streams:
Community structure in relation to environmental and spatial gradients. Ecography 2004,
27, 330–342.

45. Mikulyuk, A.; Sharma, S.; Egeren, S.V.; Erdmann, E.; Nault, M.E.; Hauxwell, J.
The relative role of environmental, spatial, and land-use patterns in explaining aquatic
macrophyte community composition. Can. J. Fish. Aquat. Sci. 2011, 68, 1778–1789.

46. Stomp, M.; Huisman, J.; Mittelbach, G.G.; Litchman, E.; Klausmeier, C.A. Large-scale
biodiversity patterns in freshwater phytoplankton. Ecology 2011, 92, 2096–2107.

47. Rodrigues, A.M.; Quintino, V.; Sampaio, L.; Freitas, R.; Neves, R. Benthic biodiversity
patterns in Ria de Aveiro, Western Portugal: Environmental-biological relationships.
Estuar. Coast. Shelf Sci. 2011, 95, 338–348.

48. Waite, I.R.; Carpenter, K.D. Associations among fish assemblage structure and
environmental variables in Willamette Basin streams, Oregon. Trans. Am. Fish. Soc.
2000, 129, 754–770.

49. Vannote, R.L.; Minshall, G.W.; Cummins, K.W.; Sedell, J.R.; Cushing, C.E. The river
continuum concept. Can. J. Fish. Aquat. Sci. 1980, 37, 130–137.

50. Beauchard, O.; Gagneur, J.; Brosse, S. Macroinvertebrate richness patterns in North
African streams. J. Biogeogr. 2003, 30, 1821–1833.

51. Pan, Y.; Hill, B.H.; Husby, P.; Hall, R.K.; Kaufmann, P.R. Relationships between
environmental variables and benthic diatom assemblages in California Central Valley
streams (USA). Hydrobiologia 2006, 561, 119–130.

52. Harding, J.S.; Young, R.G.; Hayes, J.W.; Shearer, K.A.; Stark, J.D. Changes in agricultural
intensity and river health along ariver continuum. Freshw. Biol. 1999, 42, 345–357.

53. Boyero, L.; Bosch, J. The effect of riffle-scale environmental variability on
macroinvertebrate assemblages in a tropical stream. Hydrobiologia 2004, 524, 125–132.

54. Potapova, M.G.; Charles, D.F. Benthic diatoms in USA rivers: Distributions along spatial
and environmental gradients. J. Biogeogr. 2002, 29, 167–187.

55. Halwas, K.; Church, M. Channel units in small, high gradient streams on Vancouver
Island, British Columbia. Geomorphology 2002, 43, 243–256.

56. Jun, Y.-C.; Kim, N.-Y.; Kwon, S.-J.; Han, S.-C.; Hwang, I.-C.; Park, J.-H.; Won, D.-H.;
Byun, M.-S.; Kong, H.-Y.; Lee, J.-E.; et al. Effects of land use on benthic macroinvertebrate
communities: Comparison of two mountain streams in Korea. Ann. Limnol. Int. J. Limnol.
2011, 47, S35–S49.

146



57. Parsons, M.; Norris, R.H. The effect of habitat-specific sampling on biological assessment
of water quality using a predictive model. Freshw. Biol. 1996, 36, 416–434.

58. Gerth, W.J.; Herlihy, A.T. Effect of sampling different habitat types in regional
macroinvertebrate bioassessment surveys. J. N. Am. Benthol. Soc. 2006, 25, 501–512.

59. Gilles, C.L.; Hose, G.C.; Turak, E. What do qualitative rapid assessment collections
of macroinvertebrates represent? A comparison with extensive quantitative sampling.
Environ. Monit. Assess. 2009, 149, 99–112.

60. Pashkevich, A.; Pavluk, T.; de Vaate, A.B. Efficiency of a standardized artificial substrate
for biological monitoring of river water quality. Environ. Monit. Assess. 1996, 40,
143–156.

61. Saliu, J.K.; Ovuorie, U.R. The artificial substrate preference of invertebrates in Ogbe
Creek, Lagos, Nigeria. Life Sci. J. 2007, 4, 77–81.

62. Di Sabatino, A.; Cristiano, G.; Pinna, M.; Lombardo, P.; Miccoli, F.P.; Marini, G.; Vignini, P.;
Cicolani, B. Structure, functional organization and biological traits of macroinvertebrate
assemblages from leaf-bags and benthic samples in a third-order stream of Central
Apennines (Italy). Ecol. Indic. 2014, 46, 84–91.

63. Vlek, H.E.; Šporka, F.; Krno, I. Influence of macroinvertebrate sample size on
bioassessment of streams. Hydrobiologia 2006, 566, 523–542.

64. Carter, J.L.; Resh, V.H. After site selection and before data analysis: Sampling, sorting, and
laboratory procedures used in stream benthic macroinvertebrate monitoring programs
by USA state agencies. J. N. Am. Benthol. Soc. 2001, 20, 658–682.

65. Metzeling, L.; Miller, J. Evaluation of the sample size used for the rapid bioassessment of
rivers using macroinvertebrates. Hydrobiologia 2001, 444, 159–170.

66. Kim, A.R.; Oh, M.W.; Kong, D.S. The influence of sample size on environmental
assessment using benthic macroinvertebrates. J. Korean. Soc. Water Environ. 2013,
29, 790–798.

67. Pinna, M.; Marini, G.; Mancinelli, G.; Basset, A. Influence of sampling effort on ecological
descriptors and indicators in perturbed and unperturbed conditions: A study case using
benthic macroinvertebrates in Mediterranean transitional waters. Ecol. Indic. 2014, 37,
27–39.

68. Vinson, M.R.; Hawkins, C.P. Effects of sampling area and subsampling procedure on
comparisons of taxa richness among streams. J. N. Am. Benthol. Soc. 1996, 15, 392–399.

69. Marini, G.; Pinna, M.; Basset, A.; Mancinelli, G. Estimation of benthic macroinvertebrate
taxonomic diversity: Testing the role of sampling effort in a Mediterranean transitional
water ecosystem. Transit. Waters Bull. 2013, 7, 28–40.

70. Buss, D.F.; Borges, E.L. Application of rapid bioassessment protocols (RBP) for benthic
macroinvertebrates in Brazil: Comparison between sampling techniques and mesh sizes.
Neotrop. Entomol. 2008, 37, 288–295.

147



Agricultural Rivers at Risk: Dredging
Results in a Loss of Macroinvertebrates.
Preliminary Observations from the Narew
Catchment, Poland
Mateusz Grygoruk, Magdalena Frąk and Aron Chmielewski

Abstract: Ecosystem deterioration in small lowland agricultural rivers that results
from river dredging entails a significant threat to the appropriate ecohydrological
conditions of these water bodies, expressed as homogenization of habitats and loss
of biodiversity. Our study was aimed at a comparison of abundance and taxonomic
structure of bottom-dwelling macroinvertebrates in dredged and non-dredged
stretches of small lowland rivers and tributaries of the middle Narew River, namely:
Czaplinianka, Turośnianka, Dąb, and Ślina. The experimental setup was (1) to collect
samples of the bottom material from the river stretches that either persisted in a
non-modified state (dredging was not done there in the last few years) or had been
subjected to river dredging in the year of sampling; and (2) to analyze the abundance
and taxonomic structure of macroinvertebrates in the collected samples. The study
revealed that at the high level of statistical significance (from p = 0.025 to p = 0.001),
the total abundance of riverbed macroinvertebrates in the dredged stretches of the
rivers analyzed was approximately 70% lower than in non-dredged areas. We state
that the dredging of small rivers in agricultural landscapes seriously affects their
ecological status by negatively influencing the concentrations and species richness of
benthic macroinvertebrates.

Reprinted from Water. Cite as: Grygoruk, M.; Frąk, M.; Chmielewski, A. Agricultural
Rivers at Risk: Dredging Results in a Loss of Macroinvertebrates. Preliminary
Observations from the Narew Catchment, Poland. Water 2015, 7, 4511–4522.

1. Introduction

Although modified water bodies in agricultural landscapes may potentially
play an important role as refuges for freshwater biodiversity [1–4], inappropriate
management of these ecosystems vastly decreases the aquatic ecosystems’ health [5–7].
Particularly, mechanic dredging of the river bed degrades the structure and
composition of riverbanks and bottoms and negatively affects macroinvertebrate
communities [6,8–12]. Considering the scale of river dredging in Poland in recent
years, reported as critically affecting ecohydrological features of small and medium
lowland rivers [13,14], and wishing to follow the Water Framework Directive’s (WFD)
call for European Union member states to conserve the status of their waters, we

148



believed that technical measures applied in a country-wide manner for the “reduction
of flood risk in agricultural areas” had to be revisited to assess their compliance with
the requirements of environmental conservation and to protect rivers. As the first
step towards revealing the responses of aquatic ecosystems to bottom dredging,
we intended to undertake comparative research on the bottom macroinvertebrates
of selected dredged and non-dredged stretches of small lowland rivers. Due to
the fact that a high diversity of bottom macroinvertebrates reflects the appropriate
ecohydrological status of rivers (resulting from feedbacks of ecological, hydrological,
and micro-habitat processes [15]), we focused on differences in the abundance and
taxonomic composition of macroinvertebrates. Our research was performed in small
lowland rivers located in northeastern Poland, known for its unique environmental
features. The preliminary results, despite being based upon a small sample of
collected data, indicate that the responses of the examined aquatic ecosystems to
dredging tend to be critically negative and demand re-consideration in terms of
fulfilling the requirements of the WFD in any similar cases on the European scale.

2. Materials and Methods

We investigated four rivers of which certain sections were subjected to dredging.
These sandy lowland rivers and streams (Czaplinianka, Dąb, Ślina, and Turośnianka)
are tributaries of the middle Narew, northeast Poland (Figure 1). The lowermost
stretches of the Czaplinianka and Turośnianka rivers are located within the Natura
2000 sites, and the remaining rivers are situated within a few kilometers of the
protected areas. The rivers sampled flow through the agricultural landscapes (hay
meadows, pastures), and due to their morphological and hydrological features, they
can be classified as small lowland rivers (Table 1). Catchments of the rivers analyzed
are located in a temperate climate with strong continental influences. The average
air temperature in the region is 7 ◦C, and the average annual precipitation equals
580 mm [16].

The shares of the analyzed river catchments covered with forests range from
19% to 36% for the catchments of Dąb and Czaplinianka, respectively, and the areas
of agricultural lands range from 61% to 78% for the catchments of Czaplinianka
and Dąb, respectively [17]. The research was conducted in September and October
2013 when, in summer and autumn, river dredging was implemented to keep the
geometric shape of the river channel’s cross-sections and to remove 0.3 m of the
bottom sediments. This action is expected to eventually mitigate the flood risk.
However, the probable influence of these actions on reduction of the floodwave was
never examined nor proven by the river management authority and river dredging
is being implemented with no particular pre-assessment of its probable efficiency.
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Average flow velocity in sampling locations [m/s] 0.15 0.11 0.09 0.10 
Average discharge in the confluence [m3/s] 1.5 0.3 1.1 1.2 

X Coordinate of the centroid of the  
non-dredged stretch of the river (GPS) 
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Figure 1. Study area—catchments of tributaries of the middle Narew river: Dąb,
Czaplinianka, Ślina, and Turośnianka. Location of selected sampling stretches,
land use, hydrography, and boundaries of protected areas (Natura 2000 and Narew
National Park).

Table 1. Hydrological features of sampled rivers.

River Ślina Dąb Czaplinianka Turośnianka

Length [km] 39.3 16.5 31.3 31.4
Catchment area [km2] 359.29 66.79 77.95 137.73

Average width in sampling locations [m] 7 2 3 4
Average depth in sampling locations [m] 1.2 0.3 0.8 0.8

Average flow velocity in sampling
locations [m/s] 0.15 0.11 0.09 0.10

Average discharge in the confluence [m3/s] 1.5 0.3 1.1 1.2
X Coordinate of the centroid of the

non-dredged stretch of the river (GPS) 22.67306 22.32890 23.05540 22.98110

Y Coordinate of the centroid of the
non-dredged stretch of the river (GPS) 53.16604 53.00912 53.07010 53.02692

X Coordinate of the centroid of the
dredged stretch of the river (GPS) 22.65379 22.30228 23.03923 23.00352

Y Coordinate of the centroid of the
dredged stretch of the river (GPS) 53.18109 53.01021 53.08307 53.01727

Macroinvertebrate sampling was done as follows: in each of the four rivers we
selected two sampling stretches of 100 m; one stretch was located within the fragment
of the river recently subjected to dredging, and the other was a reference stretch,
where dredging had not been implemented recently. Dredged and non-dredged
sampling stretches were located between 1.7 and 2.5 km from one another (Figure 1).
Dredged stretches of the rivers sampled were cleared with an excavator, so the
riparian vegetation was very poor. Non-dredged river stretches were vegetated. In
Ślina and Czaplinianka, the dominant macrophytes were Nuphar lutea and Saggittaria
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sp., while the macrophytes in the sampled stretches of Dąb and Czaplinianka were
poorly developed due to river size and shading from adjacent trees and shrubs. All
of the rivers sampled have sandy banks. Water levels during the sampling were
below the average annual water level and oscillated around the median of the lowest
annual water levels recorded in the most recent multi-year period.

On each of the eight selected sampling stretches (Figure 1) we collected five
samples of bottom sediments. Sampling locations were distributed every 20 m along the
stretch. Samples were collected with the standard Eckman-Birge’s bottom-sediment
sampler that allows sampling of 225 cm2 of the river bottom [18]. As the study
was oriented at the analysis of bottom-dwelling macroinvertebrates, field research
did not include drift measurements. Collection locations were selected to cover
the most representative aquatic habitats of each stretch in various water depths,
from an average distance of one-third of the river width. Samples were collected
wading in the river. Forty samples of bottom sediments were examined in total
(20 collected from dredged stretches of rivers and 20 collected from reference
stretches that had not been dredged recently). Sampling was done from five days
(Ślina river) to approximately one month after the river bed dredging (Turośnianka
river). River flow velocities in the sampled stretches were approximated with
surface flow measurements averaged to one value representative for the whole
sampling stretch. Each sample was stored in a plastic bag immediately after
collection and transferred to the laboratory where the abundance and species
composition of macroinvertebrates were assessed. Macroinvertebrates were sorted
after preservation in ethanol and counted by the naked eye. Obtained results of
macroinvertebrate abundance and taxonomic composition were tested in order to
reveal their statistical significance.

3. Results

Field research revealed the presence of 10 taxa of macroinvertebrates, namely
Amphipoda, Bivalia, Diptera, Ephemeroptera, Gastropoda, Hirudinea, Isopoda, Megaloptera,
Oligochaeta, and Trichoptera. It was generally observed that both the total abundance
of macroinvertebrates and their taxonomic compositions were significantly higher in
the natural stretches of rivers (Figure 2A) than in the freshly dredged ones (Figure 2B).

We tested the sampling results for statistical relevance. The Student’s t-test for
dependent variables (for n-2 degrees of freedom) and a Mann-Whitney-Wilcoxon
test were applied in order to determine the statistical significance of observed
differences in the abundance and species compositions of macroinvertebrates
between the dredged and natural stretches of the rivers examined. The t-values
for the total macroinvertebrates’ abundance analysis reached 2.813; that gives a
statistical significance at the level of p = 0.023. The t-values for the comparison of the
taxonomic composition of macroinvertebrates of dredged and natural river stretches
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reached 4.420; that gives a statistical significance at the level of p = 0.001. The U-value
of the Mann-Whitney-Wilcoxon test analyzing total macroinvertebrate abundance
was 19 (giving p = 0.025), and for the taxonomic composition of macroinvertebrates
of dredged and natural river stretches they were U = 61 and p = 0.01. The results of
the statistical tests applied allow us to state that the recorded differences between
the total abundances of macroinvertebrates and their taxonomic compositions are
statistically significant (the lowest recorded level of statistical significance was 0.025,
which we considered satisfactory).
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Figure 2. Comparison of the abundance of macroinvertebrate taxa vs.
number of samples in which particular taxa were recorded in natural (A) and
dredged (B) stretches of rivers.

Considering the total abundance of macroinvertebrates in all samples collected,
we recorded approximately 70% lower concentrations of macroinvertebrates in the
dredged stretches than in undredged ones (Figure 3A). The biggest differences
between the total abundance of macroinvertebrates were found in the analyzed
stretches of the Ślina and Dąb rivers (Figure 3B,C), which were nearly 91% and 98%,
respectively. In the analyzed stretches of Czaplinianka and Turośnianka, differences
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in macroinvertebrate abundances were lower than in the cases of Ślina and Dąb, but
still reached approximately 50% (Figure 3D,E). The most significant differences in the
abundance of macroinvertebrate taxa were reported for the taxon of Ephemeroptera,
whose numbers in dredged river segments were 83% to nearly 100% lower than in the
undisturbed stretches of the rivers analyzed. Equally significant differences between
dredged and non-dredged stretches were recorded for Trichoptera, Gastropoda, and
Diptera. Differences in the abundance of Amphipoda, Isopoda, and Megaloptera between
the dredged and non-dredged stretches of the rivers were insignificant. Of the
rivers analyzed, the most critical disparities of macroinvertebrate abundance and
composition were recorded in the smallest of the sampled rivers, the Dąb. Although
individuals of Amphipoda, Bivalia, Diptera, Ephemeroptera, Gastropoda, Hirudinea, and
Oligochaeta were recorded in the non-dredged stretch of this river, these taxa were
not reported in dredged stretches. Bivalia was the taxon with the lowest disparities
of abundance.
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Figure 3. Comparison of abundance of macroinvertebrates between natural and
dredged stretches: total number of sampled individuals and numbers of individuals
per sample: (A) whole set of samples (n = 20 + 20); (B) Ślina river (n = 5 + 5);
(C) Dąb river (n = 5 + 5); (D) Czaplinianka river (n = 5 + 5); and (E) Turośnianka
river (n = 5 + 5).

4. Discussion

In subtle cases of river dredging where the response of macroinvertebrate
communities (based on calculated macroinvertebrate indexes) to ecological
disturbances might not be clearly linked to river regulation and maintenance works
(dredging, macrophyte removal), additional mesohabitat assessments of river reaches
or complex multivariate analyses may be required [8]. However, the strongly
negative response of macroinvertebrate structure and abundance to river dredging
found in our study tends to be clear and obvious. We see that, similarly to the
studies of Armitage and Pardo [8], Bylak et al. [6], and Holmes et al. [15], the
research we present should be extended to the other factors of the aquatic ecosystems
examined (i.e., the structure of bottom sediments, debris and microhabitat analysis,
flow velocity distribution, and water quality assessment). However, in the cases of
the Czaplinianka, Dąb, Ślina, and Turośnianka rivers, dredging to prevent floods
involved mechanically removing (using excavators) some 0.3–0.5 m of the sediment
material from the river bottom for the whole width of the river stretch and depositing
the material on the river bank, causing the degradation of hydromorphology
(Figure 4A). This type of river structure modification was proven as critically negative
for freshwater mussels Bivalvia [9], but the negative impact of such river management
measures can be extended to herein presented macroinvertebrates and other taxa
(including amphibians, Figure 4B; Ukrainian brook lamprey Eudontomyzon mariae,
Figure 4C; or numerous other taxa of macroinvertebrates, Figure 4D).
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Figure 4. Environmental consequences of dredging agricultural rivers: (A) modified
hydromorphology of the Czaplinianka River; (B) dead amphibians found in the
excavated material (Ślina River); (C) dead Ukrainian brook lampreys Eudontomyzon
mariae (Ślina River); (D) dead macroinvertebrates (Gammaridae and Ephemeroptera).
Photos: courtesy of Paweł Fiedorczuk.

As the biggest differences in macroinvertebrate abundances between the
dredged and non-dredged stretches were observed in the smallest river sampled
(Dąb), we suspect that narrow and shallow (up to 2 m wide and up to 0.2 m deep)
agricultural rivers may face the greatest risk of damage to their aquatic ecosystems
as a result of inappropriate and devastating management.

It is likely that in the long run the self-restoration of the dredged river stretches
analyzed may result in the re-establishment of hydromorphological conditions
by allowing the re-development of macroinvertebrate abundance and species
composition toward the reference values reported for non-dredged stretches [19,20].
However, if long headwater parts of these rivers remain under the pressure of
dredging every 1–3 years (which is the case of analyzed and adjacent rivers), it
is likely that the spontaneous restoration of macroinvertebrate populations of the
whole river systems may be—if still possible—very slow. We rather expect the
hydromorphological and ecological status of lowland agricultural rivers being
dredged on up to 70% of their total length on an annual and bi-annual basis
to deteriorate considerably. As it was observed that the structure of aquatic
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habitats and sediments, especially in the headwater streams (e.g., the small rivers
examined in the presented research), promotes the abundance and taxonomic
richness of bottom macroinvertebrates [15,21], it appears that once small lowland
rivers’ hydromorphology begins to suffer, the aquatic ecosystems subjected to
dredging lose their resilience. Such speculation requires consideration in the
catchment-scale river management. It should result in implementation of river
dredging adaptation strategies by avoiding long stretches being dredged regularly
and promoting dredging of selected short stretches only, if the flood risk was proven
to be increasing due to the accumulation of sediments. This would require continuous
monitoring of longitudinal profiles of the river bottom, which is predominantly
not done in the case of small lowland agricultural rivers. As such actions are not
anticipated in river management plans in northeastern Poland, we stress that only
the reliable monitoring-based criteria of river dredging should be used to determine
the relevance of this action for flood reduction.

In light of our analysis, and emphasizing the results obtained by Bylak et al. [6],
we state that technical measures referred to as “river regulation” have a critically
negative influence on the ecological status of rivers. For small lowland agricultural
rivers, it is regular dredging that poses an equally significant challenge to the
ecological status by deterioration of river hydromorphology and populations of
macroinvertebrates. Preliminary results presented in this paper require replication,
especially in terms of additional sampling of the same river stretches over time
(months or years after dredging was implemented), and extension to other elements
of the riverine environment in order to provide a comprehensive analysis of rivers’
responses to dredging [22]. Extension of the research to, for example, the response
of fish communities to dredging-induced changes in mesohabitat structure and
macroinvertebrate composition would allow results to reveal the relevance of the
maintenance of agricultural rivers to fishery management [23,24]. Research on
these aspects is now ongoing. However, we stress that despite the strength of the
correlations and covariance between the abundance of benthic macroinvertebrates
and other elements of the environment, the “everyday” management of small
lowland agricultural rivers requires revision, detailed environmental impact
assessment, and the analysis of trade-offs between the potential (not certain)
reduction of flood risk and the loss of resilient aquatic ecosystems. In some specific
cases, when dredging is oriented at the removal of contaminated sediments which
pose a decent risk of losing river ecosystems’ quality, one should consider if the
probable negative response of benthic macroinvertebrates to mechanic sediment
removal is of lower importance than preventing the deterioration of water and
sediment quality.

Facing the above facts and the potential changes in environmental legislation in
Poland to permit the standard “maintenance” of river channels (including dredging)
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without any environmental impact assessments, the scale of dredging is expected
to become even greater than it is now. It is likely that small agricultural rivers that
are “maintained” by regular dredging, contra the examples given by Chester and
Robson [1] and supported with the observations of Tonkin et al. [20], will never
again serve as a refuge for freshwater biodiversity. Avoiding this scenario will
require management approaches, especially in cases of small agricultural rivers, to be
individualized so each of the complex river ecosystems could retain its unique and
specific environmental values [25]. It is intended that the preliminary observations
presented in this paper will allow us to reveal the appropriate meaning of “river
maintenance” which, in presented examples, underpinned the vast deterioration of
the biodiversity of the agricultural rivers analyzed. We also hope that learning
from river management mistakes will allow implementing efficient restoration
and maintenance strategies for the recreation and sustainability of resilient aquatic
ecosystems in the future [26], where flood protection does not contradict keeping the
good ecological status of agricultural rivers.

5. Conclusions

This study revealed that the species composition and abundance of
macroinvertebrates is much lower in dredged stretches of the rivers analyzed than in
the stretches where river dredging was not done, leaving the structure and thickness
of bottom sediments untouched. The most significant differences in the abundance
of macroinvertebrates’ taxa were reported for Ephemeroptera, which were 83% to
nearly 100% less abundant in the dredged areas. We revealed that in dredged
stretches of rivers, the quantitative loss of macroinvertebrate populations (numbers
of individuals) was much more significant than the quantitative loss of taxonomic
composition (decreasing number of taxa). Based on the examples analyzed, we
conclude that river dredging entails a potential significant threat to species diversity
and the abundance of bottom macroinvertebrates and, potentially, to the whole
river ecosystem. We stress that more research directed at before-after control-impact
studies of river dredging’s influence on aquatic ecosystems (especially small rivers
located within protected areas) is needed in order to reveal the full extent of river
ecosystem degradation. Although one could argue that presented results could have
been expected and the reported negative response of biota and hydromorphology
to dredging small agricultural rivers is obvious, they highlight that regular actions
oriented at the so-called “maintenance” of rivers by mechanic sediment removal are
negative to the environment of riverscapes. Our preliminary study only underlines
this issue, which should be considered in the everyday management of rivers. Finally,
regardless of the probable self-restoration dynamics in agricultural rivers, we stress
that the implementation of technical measures aimed at mud removal and shaping
the river channel may lead to the deterioration of the ecological status of rivers
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by affecting their ecohydrological features. Such actions contradict national and
international (EU Water Framework Directive) environmental legislation.
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Sci. SGGW Land Reclam. 2011, 43, 173–184.

158



12. Vermonden, K.; Brodersen, K.P.; Jacobsen, D.; van Kleef, H.; van der Velde, G.;
Leuven, R.S.E.W. The influence of environmental factors and dredging on chironomid
larval diversity in urban drainage systems in polders strongly influenced by seepage
from large rivers. J. North Am. Benthol. Soc. 2011, 30, 1074–1092.
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Spatio-Temporal Variability in Benthic
Macroinvertebrate Communities in
Headwater Streams in South Korea
Mi-Jung Bae, Jung Hwa Chun, Tae-Soo Chon and Young-Seuk Park

Abstract: Comprehensive research on the structural and functional variability of
benthic macroinvertebrate communities within headwater streams is limited, despite
the fact that the majority of streams within a watershed are headwater streams that
form the primary link between terrestrial and aquatic ecosystems. Therefore, we
investigated the structure and function of benthic macroinvertebrate communities
in four headwater streams at two different spatial scales (i.e., sampling sites (i.e.,
reaches) >samples (i.e., riffles)) over three seasons (i.e., spring, summer and autumn)
of the year. Community indices, functional feeding guilds and habit trait guilds
varied significantly depending on the seasons rather than on sites in two-way
ANOVA based on spatial (i.e., sampling sites) and seasonal effects in each headwater
stream. Non-metric multidimensional scaling analyses showed the differences
between communities according to the considered spatial and temporal scales. At
the individual stream scale, the differences between samples followed seasonal
variation more than spatial differences. Site differences became more important
when performing an ordination within a single season (i.e., spring, summer, and
autumn). Continued research and monitoring employing both multidisciplinary and
multidimensional approaches are required to maintain macroinvertebrate diversity
within headwater streams.

Reprinted from Water. Cite as: Bae, M.-J.; Chun, J.H.; Chon, T.-S.; Park, Y.-S.
Spatio-Temporal Variability in Benthic Macroinvertebrate Communities in Headwater
Streams in South Korea. Water 2016, 8, 99.

1. Introduction

Biodiversity has been declining at an increasing rate worldwide [1] as a result of
anthropogenic habitat disruption. Although freshwater occupies less than 1% of the
Earth’s surface area, and rivers and streams represent only 0.006% of all freshwater
resources [2], they exhibit high biodiversity, comprising approximately 10% of known
species [3,4].

Headwater streams are extremely heterogeneous ecosystems with high spatial
and temporal variation [5], comprising a significant proportion (i.e., more than
three-quarters) of the total stream channel length within a watershed [6]. Headwater
streams are main sources of water, sediments, and organic materials that are
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transported downstream [7–10], and their small catchments couple terrestrial and
aquatic ecosystems such as food web dynamics [11,12] including allochthonous
input [13], inputs of terrestrial invertebrates [14], etc. (see Nakano et al. [15] for a
detailed explanation). Furthermore, they are essential for sustaining the structure
and function of watersheds [7,8,10,16]. Headwater streams provide valuable habitats
for unique and diverse communities of aquatic flora and fauna [16–18]. Therefore, it
has become increasingly clear that headwater streams are essential for maintaining
biodiversity in both terrestrial and aquatic habitats [7,8,10,17,19,20].

Benthic macroinvertebrates perform central ecological roles in stream
ecosystems [21], such as processing of detritus, participation in animal-microbial
interactions and functioning as primary and secondary consumers through
critical trophic interactions [22,23]. Headwater streams are characterized by
diverse microhabitats (i.e., refugia) that help protect macroinvertebrates from
competition, predation and natural disturbances, and therefore support a rich
regional biodiversity [20]. Research on the environmental and biological parameters
that determine the structure and function of macroinvertebrate community in
headwater streams is essential for the basic understanding of the ecology, biodiversity,
and conservation of these important ecosystems [24,25].

The composition of the macroinvertebrate community can be differentiated
by various factors, including latitudinal gradients [26], stream segmentation and
microhabitat [27,28]. Heino et al. [26] suggested that local filters (e.g., water
quality) in headwater streams were relatively weak whereas they showed the clear
latitudinal gradients of macroinvertebrate community composition. Ligeiro et al. [27]
found that the composition of macroinvertebrate community was differentiated
according to stream segments and microhabitats in a tropical headwater catchment,
and García-Roger et al. [28] reported that during the dry season, the species
richness was decreased especially in the temporary headwater streams due to the
reduction of available habitats. The diversity of different guilds (i.e., functional
feeding guilds and habit trait guilds) in headwater streams is affected by pH,
stream width, moss cover, stream particle size, nitrogen, and water color [19].
Moreover, algae-scraping invertebrates represent longitudinal zonation patterns
along the river systems whereas within riffles, algal abundance can determine
the invertebrates in small-scales [29–31]. The distributions of leaf-shredding
invertebrates often reflect longitudinal and among-stream variability in riparian
conditions [32,33] as well as riffle-scale patchiness of leaf detritus on stream
bottoms [34,35]. Chung et al. [36] reported that the variation in the trophic structure
was affected by habitat characteristics in each channel reach, including channel
morphology, proportion of habitat type, and benthic organic matter availability.
However, there has been little research on aquatic biodiversity in headwater streams
considering both seasonal and spatial differences.
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Therefore, we examined the diversity of a benthic macroinvertebrate community
in four different headwater streams at two different spatial scales (i.e., sampling sites
>samples (riffles)) in three different seasons (i.e., spring, summer, autumn). We
tested hypothesis that the composition of macroinvertebrate communities would
be spatially and temporally heterogeneous at different spatial scales in headwater
streams [37–39]. We considered only headwater streams free of anthropogenic
disturbance to exclude interaction effects between anthropogenic and natural factors
on macroinvertebrate communities.

2. Materials and Methods

2.1. Study Area

We studied benthic macroinvertebrate communities at the headwater streams
in four different regions of the northern part (Gwangreng: GR and Hongcheon:
HC) and southern part (Wando: WD and Geumsan: GS) of South Korea (Figure 1
and Table 1). All streams were in forested areas, free of anthropogenic disturbance
(Table 1). For instance, GR and WD are in the National Arboretum and people
have rarely visited HC and GS due to the accessibility. Acer pseudosieboldianum,
Quercus mongolica and Securinega suffruticosa were dominant trees in riparian areas
of GR, Sambucus racemosa L. ssp. sieboldiana and Deutzia grandiflora Bunge var.
baroniana were dominant in HC. Meanwhile, the riparian vegetation of GS was
mainly composed of Pinus densiflora, Styrax obassia, and Phragmites japonica, and
Eurya japonica, Camellia japonica and Quercus acuta were mainly observed in the
riparian vegetation of WD. There were no houses or farms in the stream catchments
of study areas. All sampling sites were in the first or second order streams based
on a geographical map (scale: 1:50,000). There were clear gradients of climate
(i.e., temperature and precipitation) according to the climate data from the Korea
Meteorological Administration (KMA) [40]. Annual precipitation in the study areas
was higher in the southern study area (WD: 1532.7 mm and GS: 1512.8 mm) than in
the northern study area (GR: 1450.5 mm and HC: 1405.4 mm). Due to the monsoon
climate, more than 50% of the precipitation was concentrated in summer (especially,
June or July to August); whereas other periods (mainly from October to March) were
dry [41]. Annual average temperature based on the data from 1980 to 2010 from
KMA is the lowest in HC (10.8 ˝C) followed by KR (12.7 ˝C), KS (13.4 ˝C) and WD
(14.3 ˝C). Monthly temperature range is the highest in HC from ´11.5 ˝C to 30.2 ˝C
followed by GS (´5.8 ˝C–30.3 ˝C), GR (´5.9 ˝C–29.6 ˝C) and WD (´0.4 ˝C–29.2 ˝C).

2.2. Ecological Data

Benthic macroinvertebrates were collected with a Surber sampler (30 ˆ 30 cm,
300 um mesh) to a depth of 10 cm at 12 sampling sites in four different streams
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(Figure 1). Sampling was conducted seasonally in spring, summer, and autumn in
2009 (GS), 2010 (GR), 2011 (HC), and 2014 (WD). Samples could not be collected
in winter because the streams were frozen. In each stream, three riffle sites (e.g.,
GS1, GS2 and GS3 in GS stream) were selected at less than 0.5-km intervals between
the adjacent sites. Within each riffle, three to five replicates were sampled on a
longitudinal direction within 1- to 3-m distances between the adjacent sampling
replicates (see [26,42]). Therefore, a total of 177 samples were collected (four
streams ˆ three sites ˆ three–five replicates ˆ three seasons). In the laboratory,
macroinvertebrates were sorted and preserved in 70% ethanol. All the individuals
were identified mainly to the species level except Chironomidae under a stereo
microscope (SMZ800N) at 400ˆ based on literature [43–48].
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All specimens were categorized into both functional feeding guilds (FFGs,
predators: PR, scrapers: SC, collector-gatherers: CG, collector-filterers: CF, and
shredders: SH) and habit trait guilds (HTG, clinger: CL, burrower: BU, swimmer:
SW, sprawler: SP, and climber: CM) based on Merrit and Cummins [34], except
Chironomidae, because of the difficulties in taxonomic classification.

Physico-chemical environmental factors were also measured at each sampling
site during the field sampling, including hydrological variables (stream depth, width,
and discharge), substrates, and water quality variables. Substrate composition was
measured based on substrate sizes (D): boulders (D ě 256 mm), coarse cobbles
(128 mm ď D < 256 mm), fine cobbles (64 mm ď D < 128 mm), pebbles (16 mm ď D <
64 mm), gravel (2 mm ď D < 16 mm), and smaller substrates (D < 2 mm) [35] using
each size of standard sieves (Testing sieve; Korea, Chung-gye). Water temperature,
dissolved oxygen (DO), pH, and electric conductivity (conductivity) were measured
using a multifunction meter (Orion®RA223). Altitude and stream order were
extracted from a digital map using ArcGis (Ver. 10.1) [49].

2.3. Data Analysis

We conducted two steps of analyses to compare the differences between
macroinvertebrate communities according to the spatial and temporal differences.
First, variations of community indices (abundance, species richness, Shannon
diversity index, Simpson diversity index, and Evenness) and proportions (%) of
each class of FFGs and HTGs were analyzed using two-way analysis of variance
(two-way ANOVA) to determine spatial and/or seasonal differences in each
headwater stream. Second, we analyzed the abundance of macroinvertebrates using
non-metric multidimensional scaling (NMS) and the Bray-Curtis distance to identify
the relative differences between the sample units over multiple spatial scales and
seasons. NMS is an indirect ordination analysis that compares the distribution of
the macroinvertebrate community across all the sampling units without including
any prior information about how the structure or taxa of macroinvertebrates could
be altered or respond to environmental variables [50,51]. NMS was applied to the
datasets at two different spatial scales: (1) each individual stream (three sites each)
and (2) each site.

Prior to NMS analyses and statistical tests, we transformed the abundance
of each taxon that showed large variations using the natural logarithm. Before
transformation, the number one was added to the variables to avoid the logarithm of
zero [52].

Two-way ANOVA were conducted with the package stats in R software [53],
and NMS analyses were conducted with PC-ORD version 5 [54].
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3. Results

Overall, 126 taxa with 53,002 individuals were collected (i.e., GR: 77 taxa with
18,621 individuals, HC: 78 taxa with 16,981 individuals, GS: 53 taxa with 5247
individuals, and WD: 58 taxa with 11,973 individuals). At the site scale, species
richness varied from 9 (WD1 in summer) to 50 (HC3 in spring) and abundance ranged
from 267 (GS1 in summer) to 4854 (GR1 in summer) (Table 2). At the microhabitat
scale, species richness ranged from 2 (WD1-4 in summer) to 36 (HC3-3 in spring) and
abundance ranged from 21 (GS1-3 in spring) to 1705 (GR1-3 in summer).

The seasonal differences in community indices, FFGs and HTGs were mainly
observed more frequently than the site differences except GR (Tables 3–5). For
instance, their statistical differences (i.e., community indices, FFGs and HTGs) were
relatively larger among sites in GR (9 in 15 cases). Only scrapers and shredders
showed seasonal differences or spatial differences in all cases (i.e., sites, season and
interaction between sites and season). In HC, species richness, Shannon diversity and
scrapers showed seasonal differences. Only swimmers showed significant differences
among sites. In GS and WD, the frequencies of seasonal differences were also higher
(e.g., species richness, collector-gatherers, clingers, burrowers and swimmers in GS)
than among sites (e.g., evenness, predators in GS).

In the NMS ordination for each stream, the distribution of the sampling units
reflected seasonality rather than the differences among sites (first two stress values in
GR: 22.4, HC: 14.9, GS: 22.3 and WD: 14.7) (Figure 2). For example, in HC, sampling
units were clearly differentiated into three parts, indicating seasonal effects. The
sampling units in the spring (green colored symbols in Figure 3) were located at the
lower-left of the ordination map, the units in summer (sky-blue colored symbols)
were located in the upper part and the units in autumn (plum colored symbols)
were ordinated towards the lower right. In GS, seasonal effects in sampling units
were shown according to axis 1. The units in autumn were mainly located in the
right part of the NMS, the units in spring were in the middle and lastly, the units in
summer were located in left part in the NMS. In the NMS ordination for each stream
over different seasons, the sampling units were ordinated mainly according to site
differences, especially in summer (Figure 3). For example, in WD in summer, the
sampling units at WD1 were mainly located in the upper parts of the ordination,
the units at WD2 were in the left part and the units at WD3 were in the right part.
In GR, based on the axis 2, the units in GR1 were located in lower parts whereas
the units in GR2 and 3 were ordinated in upper parts. In addition, based on axis 1,
the units in GR2 were in the left parts whereas the units in GR3 were in the right
parts of the NMS.
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Figure 2. Spatial and/or temporal changes in macroinvertebrate communities using NMS ordination 
in four different headwaters. Acronyms in NMS units stand for the samples: the first numbers indicate 
sampling sites (i.e., 1, 2 and 3) in each headwater and the last numbers represent replicates in each 
sampling site (1, 2, 3, 4 and 5). Each axis was rescaled on the 0–100 range based on the min-max scores 
of the NMS axes. (The stress values of the first two axes at GR: 22.4, HC: 14.9, GS: 22.3 and WD: 14.7). 

Figure 2. Spatial and/or temporal changes in macroinvertebrate communities
using NMS ordination in four different headwaters. Acronyms in NMS units stand
for the samples: the first numbers indicate sampling sites (i.e., 1, 2 and 3) in each
headwater and the last numbers represent replicates in each sampling site (1, 2, 3, 4
and 5). Each axis was rescaled on the 0–100 range based on the min-max scores of
the NMS axes. (The stress values of the first two axes at GR: 22.4, HC: 14.9, GS: 22.3
and WD: 14.7).
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different headwaters in each season. Acronyms in NMS units stand for the samples: the first numbers 
indicate sampling sites (i.e., 1, 2 and 3) in each headwater and the last numbers represent replicates in 
each sampling site (i.e., 1, 2, 3, 4 and 5). Each axis was rescaled on the 0–100 range based on the min-
max scores of NMS axes. (The stress values of the first two axes at GR: spring 14.8, summer 14.8, and 
autumn 10.3, at HC: spring 13.4, summer 18.4, and autumn 12.3, at GS: spring 10.5, summer 16.0, and 
autumn 16.4, and at WD: spring 16.8, summer 16.4, and autumn 104). 

4. Discussion 

Headwater streams are highly heterogeneous environments [9,10,26,55], supporting unique 
faunas that can differ from those in larger downstream areas [11]. Further, spatial and seasonal 
variations of various environmental factors create complex habitat conditions [56]. Upstream 
diversity influences the diversity of species found downstream and thus is important for the re-
establishment of populations following local extinction events [57]. Despite the importance of 
headwater ecosystems for the resilience of species diversity upstream and downstream, little 
attention has been given to scale-dependent or multi-scale dependent variability in 
macroinvertebrate communities in headwater streams [58,59]. 

Our results showed that community indices were significantly different between seasons and 
sites that were closely located geographically (<500 m). The differences in species richness at the local 
scale could be caused by local processes such as habitat heterogeneity [60], biotic interactions [61], 
and biogeographical processes [62]. Moreover, because all the riparian zones were predominately 
forested, with no anthropogenic disturbance, the main factors differentiating the community 
composition at the stream and site scales likely relate to the natural variability of physical habitats 
and seasonal changes (e.g., canopy cover and the degree of autumn-shed leaves) [63]. For example, 
the differences in riparian vegetation, latitude, discharge rate and substrate composition prevailing 
among riffles and/or sites in each stream sections influence the distributions of macroinvertebrates. 
The amount, magnitude, and intensity of precipitation could also differ between headwater streams, 
reflecting regional differences (i.e., southern and northern regions in Korea) [64]. In addition, each 
season can harbor unique habitats with interactions among differential environmental factors and 
organisms. Periphyton biomass can be limited by light in autumn and summer but not in spring, 

Figure 3. Spatial differences in macroinvertebrate communities using NMS
ordination in four different headwaters in each season. Acronyms in NMS units
stand for the samples: the first numbers indicate sampling sites (i.e., 1, 2 and 3) in
each headwater and the last numbers represent replicates in each sampling site
(i.e., 1, 2, 3, 4 and 5). Each axis was rescaled on the 0–100 range based on the
min-max scores of NMS axes. (The stress values of the first two axes at GR: spring
14.8, summer 14.8, and autumn 10.3, at HC: spring 13.4, summer 18.4, and autumn
12.3, at GS: spring 10.5, summer 16.0, and autumn 16.4, and at WD: spring 16.8,
summer 16.4, and autumn 104).

4. Discussion

Headwater streams are highly heterogeneous environments [9,10,26,55],
supporting unique faunas that can differ from those in larger downstream areas [11].
Further, spatial and seasonal variations of various environmental factors create
complex habitat conditions [56]. Upstream diversity influences the diversity of species
found downstream and thus is important for the re-establishment of populations
following local extinction events [57]. Despite the importance of headwater
ecosystems for the resilience of species diversity upstream and downstream, little
attention has been given to scale-dependent or multi-scale dependent variability in
macroinvertebrate communities in headwater streams [58,59].
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Our results showed that community indices were significantly different between
seasons and sites that were closely located geographically (<500 m). The differences
in species richness at the local scale could be caused by local processes such as
habitat heterogeneity [60], biotic interactions [61], and biogeographical processes [62].
Moreover, because all the riparian zones were predominately forested, with
no anthropogenic disturbance, the main factors differentiating the community
composition at the stream and site scales likely relate to the natural variability
of physical habitats and seasonal changes (e.g., canopy cover and the degree of
autumn-shed leaves) [63]. For example, the differences in riparian vegetation,
latitude, discharge rate and substrate composition prevailing among riffles and/or
sites in each stream sections influence the distributions of macroinvertebrates.
The amount, magnitude, and intensity of precipitation could also differ between
headwater streams, reflecting regional differences (i.e., southern and northern regions
in Korea) [64]. In addition, each season can harbor unique habitats with interactions
among differential environmental factors and organisms. Periphyton biomass can
be limited by light in autumn and summer but not in spring, while nutrients can
limit periphyton when light availability is higher [30]. Furthermore, seasonality in
hydrology can be influential to structure macroinvertebrate composition [65]. During
spring, snow-melting can be the main source of surface water supply as well as
groundwater recharge. Particularly, in Korea, sequential floods (i.e., summer) and
droughts (i.e., autumn) are main natural disturbances in headwater streams that
affect the composition of benthic macroinvertebrate composition [66].

Differences within FFGs and HTGs were also observed among sites and
seasons. Taxa associated with a particular habit category (i.e., HTGs) exhibit certain
morphological, physiological and behavioral adaptations to various microhabitats
in freshwater ecosystems [67]. They can exist at low discharge rates compared
with areas downstream because headwater streams are generally supplied by small
catchment areas [64]. Clingers have morphological adaptations (e.g., curved tarsal
claws, dorsoventral flattening, ventral gills arranged as a sucker, suction discs,
and use of silk to construct attached retreats) that allow them to cling to substrate
surfaces [68]. Therefore, in this study, the differences between hydrological variables
as well as substrate compositions may have caused the significant differences
in the abundance of clingers among streams. Furthermore, scrapers showed
differences among streams and sites over time compared to other FFGs in this
study. This was likely due to the differences in stream width and canopy cover.
For example, the distribution of grazing invertebrates is directly influenced by
the distribution of benthic algae, and therefore indirectly influenced by canopy
cover [69,70]. Many researchers have suggested that scraper abundance tends to
exhibit small-scale patchiness, resulting in localized variations depending on their
algal food resources [29,30].
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In our study, in NMS, samples were differentiated by seasons more than by
spatial differences in each headwater stream. Within each season, the longitudinal
differences in benthic macroinvertebrate communities were reflected in the NMS
ordination. The units were clearly differentiated according to site differences even
though the ordination patterns in each season were dissimilar. This indicated
that in spite of their short distances between the adjacent sites in each stream
(i.e., less than 500 m) without anthropogenic disturbances, they have their own
habitat characteristics among sites, which have different resilience and resistance
in comparison to seasonal effects, reflecting complicated interactions among spatial
and temporal cues.

5. Conclusions

Our study examined the structure and function of the macroinvertebrate
community at two different spatial scales during three seasons. Community and
functional diversity indices varied significantly within seasons and/or sites as
well as by the category of FFGs or HTGs. In NMS, within a single headwater
stream, samples were separated by seasonality rather than spatial differences.
Within each season, sample ordination reflected site differences, suggesting that
macroinvertebrate communities respond to multiple and interacting spatial and
temporal cues. Therefore, continuous monitoring and research on the interactions
between species diversity and spatio-temporal and physiochemical effects are
fundamental to maintain catchment biodiversity and to provide strategies for
watershed restoration of macroinvertebrate communities.
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Multiple Time-Scale Monitoring to Address
Dynamic Seasonality and Storm Pulses of
Stream Water Quality in
Mountainous Watersheds
Hyun-Ju Lee, Kun-Woo Chun, Christopher L. Shope and Ji-Hyung Park

Abstract: Rainfall variability and extreme events can amplify the seasonality and
storm pulses of stream water chemistry in mountainous watersheds under monsoon
climates. To establish a monitoring program optimized for identifying potential
risks to stream water quality arising from rainfall variability and extremes, we
examined water chemistry data collected on different timescales. At a small forested
watershed, bi-weekly sampling lasted over two years, in comparison to three other
biweekly sampling sites. In addition, high-frequency continuous measurements of
pH, electrical conductivity, and turbidity were conducted in tandem with automatic
water sampling at 2 h intervals during eight rainfall events. Biweekly monitoring
showed that during the summer monsoon period, electrical conductivity (EC),
dissolved oxygen (DO), and dissolved ion concentrations generally decreased,
but total suspended solids (TSS) slightly increased. A noticeable variation from
the usual seasonal pattern was that DO levels substantially decreased during an
extended drought. Bi-hourly storm event samplings exhibited large changes in the
concentrations of TSS and particulate and dissolved organic carbon (POC; DOC)
during intense rainfall events. However, extreme fluctuations in sediment export
during discharge peaks could be detected only by turbidity measurements at 5 min
intervals. Concomitant measurements during rainfall events established empirical
relationships between turbidity and TSS or POC. These results suggest that routine
monitoring based on weekly to monthly sampling is valid only in addressing general
seasonal patterns or long-lasting phenomena such as drought effects. We propose
an “adaptive” monitoring scheme that combines routine monitoring for general
seasonal patterns and high-frequency instrumental measurements of water quality
components exhibiting rapid responses pulsing during intense rainfall events.

Reprinted from Water. Cite as: Lee, H.-J.; Chun, K.-W.; Shope, C.L.; Park, J.-H.
Multiple Time-Scale Monitoring to Address Dynamic Seasonality and Storm Pulses
of Stream Water Quality in Mountainous Watersheds. Water 2015, 7, 6117–6138.

1. Introduction

Headwater streams are a habitat for aquatic organisms, provide drinking
water for downstream population centers, and contribute sources of organic matter,
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nutrients, and sediments to higher-order streams and rivers [1,2]. Mountainous
watersheds are particularly important for providing water resources, as illustrated by
the disproportionately high contribution of mountainous areas (32% of the world’s
land area) to the total discharge in the world’s major river basins (63%) [3]. Land
use changes on steep mountainous terrain, such as deforestation and agricultural
expansion, have been associated with elevated flood risks [4,5] and water quality
deterioration caused by suspended sediment eroded from disturbed soils [6,7]. More
frequent intense monsoon rainfall events, which might occur as a consequence of
climate change [8], can also have significant impacts on material transport and
surface water quality in mountainous watersheds [9]. Instantaneous changes in
discharge rates and stream chemistry in response to intense rainfalls cannot be
adequately captured by conventional monitoring approaches and networks based
on low frequency water sampling at weekly to monthly intervals. Novel monitoring
approaches employing high frequency sampling and advanced sensor techniques
have been proposed as tools to detect pulses of dissolved solutes, suspended
sediments, or organic matter during important hydrologic events such as heavy
rainfalls or snowmelts [10,11]. However, there have been few systematic assessments
of sampling frequency and water quality components in the context of assessing
climate-induced risks to water quality in mountainous headwater streams.

The strong coupling of headwater streams to hillslope processes often results
in large sediment flows from episodic slope failures during extreme hydrologic
events [1,7]. Forest management practices have been shown to significantly affect
soil erosion on steep forested slopes through changes in forest conditions such as tree
density, species composition, and soil compaction [12]. Recent studies have shown
the effects of extreme climatic events such as typhoons on the flow of sediments and
nutrients in mountainous watersheds in East Asia [13–15]. Suspended sediment is a
major water quality problem in headwater streams, as it degrades drinking water
quality and impacts aquatic organism habitats [6,16]. It also plays an important role
in transporting nutrients [17], particulate organic carbon (POC) [11,18,19], and toxic
metals [20].

Temporal variations in stream water chemistry reflect changes in both
the forest ecosystem processes and the hydro-biogeochemical processes on the
watershed level [21], offering a window through which we can monitor changes in
environmental conditions that are important for regulating the production and
release of materials within a forested watershed [22]. For example, long-term
changes in stream water nitrogen and sulfur concentrations have been linked to
the changing rates of acid deposition over recent decades [23,24]. It has also
been suggested that changes in the amount and spatiotemporal distribution of
precipitation, attributed to global climate change, has significant influences on
the biogeochemical processes that regulate nutrient production and hydrologic
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export in forested watersheds [9,25,26]. Changes in rainfall amount and intensity
can affect hydrologic flowpaths, along which nutrients released from soil sources
are transported into streams [27]. Compared to the relatively well-established
relationships between dissolved organic carbon (DOC) in forest streams and
changing hydrologic conditions during storms [28,29], inconsistent patterns have
been observed regarding nutrient releases in responses to storms (e.g., [30,31]). It
has recently been reported that the concentrations and fluxes of DOC and POC in
headwater streams respond differently to rainfall events of varying intensity and
duration, with much stronger responses of POC occurring during extreme rainfall
events [11,32].

Extreme rainfall events are often defined as events exceeding relative (i.e., the
upper first percentile of long-term data) or absolute (e.g., 100 mm per day) thresholds
of precipitation [33]. The frequency and intensity of extreme rainfall events has
been increasing over a large part of the Northern Hemisphere [8,34], including the
Korean Peninsula [35]. There have been many reports on storm-induced water
quality deterioration in large watersheds where storm responses might be more
moderate compared to more rapid responses at smaller watersheds (e.g., [10,36,37]).
Humic-like substances associated with aromatic and condensed structures have been
shown to increase in forested watersheds during intense rainfall events, elevating
the potential of disinfection byproduct formation upon chlorination in drinking
water facilities [38,39]. These studies provide rare examples of climate-induced
risks to water quality in headwater streams draining forested watersheds, yet more
high-resolution monitoring data should be collected across a range of climatic
conditions and watershed types to enhance our capacity to predict stream water
quality changes during extreme rainfall events of varying duration and intensity.

The primary objective of this study was to compare different monitoring
approaches based on different timescales and sampling methods in order to establish
monitoring programs that can address large temporal variations of stream water
quality associated with rainfall variability and extremes. Stream water chemistry
was monitored on sub-hourly to bi-weekly timescales at small forested watersheds
in the Haean Basin—a mountainous basin in northern South Korea. A specific goal
was to identify major climate-induced risks to stream water quality in mountainous
watersheds. Another important goal was to examine the potential of high-frequency,
continuous measurements of turbidity to capture short-term changes in stream
concentrations of suspended sediment and POC during rainfall events. For this
purpose, high-frequency (5 min) instrumental measurements of pH, electrical
conductivity (EC), and turbidity during several rainfall events of various duration
and intensity were compared with bi-hourly measurements using an automatic
water sampler.
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2. Materials and Methods

2.1. Study Site

The study was conducted at four small forested watersheds in the Haean Basin
(38◦15′–38◦20′ N; 128◦05′–128◦10′ E; 400 m–1304 m asl), a bowl-shaped, mountainous
basin 1–2 km south of the demilitarized zone (DMZ) between South and North Korea
(Figure 1) [19,20]. The bedrock below the center of the basin consists of highly
weathered biotite granite surrounded by metamorphic rocks along the mountain
ridges. Mixed deciduous forests were re-established through natural processes on
the mountain slopes in the study area since the late 1970s, after recurrent forest fires
during the three decades following the Korean War in 1950–1953. Rapid conversion
of low-elevation forests to agricultural fields has occurred in recent decades, and
natural forests now remain only on steep slopes (>20◦) and along the mountain ridges,
comprising 58% of the entire 60 km2 area of the basin. The dominant tree species in
the basin include Mongolian oak (Quercus mongolica), Daimyo oak (Quercus dentata),
and Korean ash (Fraxinus rhynchophylla). Typical soils on the forested mountain
slopes are dry to slightly moist, brown soils (acid Cambisols according to the FAO
World Reference Base for Soil Resources), overlain by moder-like forest floors with
a distinct Oi horizon and less distinct Oe/Oa horizons.

2.2. Sampling and In Situ Measurements

Routine bi-weekly water sampling was conducted at the four headwater streams
from May 2008 to April 2010 (Figure 1). The four watersheds are all similar with
regard to vegetation, soil, and topography, but their sizes vary (A: 38 ha; B: 56 ha;
C: 190 ha; D: 171 ha). Grab water samples were collected at 10 cm below the
stream surfaces near the centers of the streams using a 1 L Teflon bottle. The
stream sampling procedure included measuring in situ water temperature, pH, EC,
and dissolved oxygen (DO) using a portable pH meter (Orion 5 star, Thermo). In
one forested watershed (A), throughfall (n = 4) and forest floor leachate (collected
using custom-made zero-tension lysimeters; n = 4) were also sampled bi-weekly.
Comparison of streamwater chemistry data with those for throughfall and forest floor
leachate might provide some insights into the relative importance of atmospheric
inputs and soil pools as potential sources of exported materials from the watershed.

Intensive storm event sampling at 2 h intervals was conducted eight times
throughout two summer monsoon periods at the same stream location of watershed
A previously described. During the eight rainfall events, stream samples were
collected every 2 h using an autosampler (6712 Portable Sampler, ISCO Inc., Lincoln,
NE, USA). In tandem with the automatic water sampling during rainfall events,
in-stream, high-frequency measurements of pH, EC, and turbidity at 5 min intervals
were conducted using a multi-parameter probe (6920 Water Quality Monitoring
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System, YSI, Inc., Yellow Springs, OH, USA). The water quality probe was routinely
checked with standard solutions and calibrated when necessary.
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Figure 1. Stream water sampling locations for routine bi-weekly monitoring at the
four streams (A–D). The location of the V-notch weir and the weather station within
watershed A is indicated by the letter of X.

Continuous micrometeorological measurements were conducted at watershed A
using a data logger (CR10X, Campbell Scientific, Logan, UT, USA) that was connected
to various sensors, including precipitation, air and soil temperature, and volumetric
soil water content at 10 and 30 cm depths (Figure 1). Discharge measurements
were initiated at watershed A in July 2009, with the construction of a V-notch weir
(Figure 1). A vented pressure transducer (Druck PDCR 830, Druck Ltd., Leicester,
UK) was installed in a fully screened polyvinyl chloride (PVC) tube in a shallow
pool upstream of the V-notch weir. Water level measurements were collected every
5 min. Discharge from the forested watershed during the period prior to the weir
construction was estimated using a hydrologic model (HBV-Lite) [40]. The model
was calibrated for the period from 16 July through 20 September 2009 on the basis of
the observed soil moisture and stream discharge data. We then validated the model
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with the same parameters for two additional periods (30 June–30 August 2010; 5
August–5 October 2010). The validation period R2 and efficiency values were 0.89
and 0.88 for the first period and 0.92 and 0.91 for the second period, respectively.

2.3. Chemical and Statistical Analyses

All water samples were transported in an ice box to the laboratory and then
kept refrigerated at <4 ◦C. Within 24 h after sampling, a portion of the water sample
(50–200 mL) was filtered through a pre-combusted glass fiber filter (GF/F, Whatman;
nominal pore size of 0.7 µm, Whatman, Clifton, NJ, USA) after pre-filtering through
a plastic sieve with 2 mm pores. The concentrations of total suspended solids (TSS)
were measured gravimetrically as the difference in filter weight before and after
filtering. Prior to filtering, the GF/F filters were combusted at 450 ◦C to remove any
organic materials in the filters and then weighed. After filtering of the water samples,
the filters were dried at 65 ◦C to a constant weight and re-weighed for the calculation
of the TSS concentrations. For eight monsoon rainfall event samples, the dried filters
were fumed with HCl in a sealed desiccator for 24 h to remove inorganic C prior to
the analysis of POC. The concentrations of POC in the acidified filters were measured
with an elemental analyzer (Vario MAX CN, Elementar, Germany).

Filtered water samples were analyzed for dissolved ions (Cl−, SO4
2−, NO3

−,
and NH4

+) using an ion chromatograph (DX-320, Dionex, Sunnyvale, CA, USA).
For the eight monsoon rainfall event samples, DOC in the filtered water samples
was measured with a TOC analyzer using high-temperature combustion of organic
matter followed by thermal detection of CO2 (TOC 5000a, Shimadzu, Japan). As part
of the quality control, a laboratory blank (Mili-Q ultrapure water) and a standard
solution of a concentration that was typical of the concentration range of samples
were analyzed for every batch of ten samples. Relative standard deviations (standard
deviations divided by mean in percentage) from the repeated measurements of
check standards were generally within 5%. Replicate analysis was conducted for
approximately 10% of the total number of samples. Contamination from sampling
and filtering was checked with field blank samples (Mili-Q ultrapure water).

Pearson correlation coefficients were used to characterize the correlations
between bi-weekly water quality data and hydroclimatic variables. To reflect
large changes in solute concentrations in response to rapidly changing discharge
during rainfall events, event mean solute concentrations were obtained by weighting
discharge to each corresponding solute concentration. Linear regression analyses
were conducted to establish the relationships between the discharge-weighted event
mean solute concentration (TSS, POC, and DOC) and the total rainfall amount or the
mean rainfall intensity of each rainfall event. Most of POC and DOC data presented
in this study (all events except events 5 and 6) have previously been used in two
publications on differential storm responses of DOC and POC [11,19]. We included
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the published data in this study to provide a more complete view of watershed
biogeochemical responses to storm events, incorporating both the traditional water
quality and novel carbon cycle perspectives.

3. Results

3.1. Routine Bi-Weekly Monitoring in Four Streams

Volume-weighted mean concentrations of measured water quality components
in the four forest streams were generally different from those for throughfall and
forest floor leachate (Table 1). The stream water pH was usually circumneutral with
the two-year mean of 6.7, indicating high acid-neutralizing capacity of the soil given
the much lower pH values found in throughfall (5.6) and forest floor leachate (5.8).
While the mean concentrations of all the measured parameters fell within the usual
range found in streams draining temperate forested watersheds [6,12,13,17,22,29],
it is notable that the mean concentrations NO3

−–N in stream water were higher than
those for throughfall, indicating leaching losses from the forest soils.

Table 1. Means and standard errors (n = 4) of volume-weighted mean pH and
electrical conductivity (EC) and concentrations of Cl−, SO4

2−, NO3
−–N, NH4

+–N,
and total suspended solids (TSS) in throughfall (TF), forest floor leachates (FF),
and stream water (SW) for the monitoring period from May 2008 to April 2010.
Dissolved oxygen (DO). SE indicates standard error.

pH EC
(µS·cm−1)

DO Cl− SO4
2− NO3

−-N NH4
+-N TSS

(mg·L−1)

TF mean 5.6 22.4 5.1 1.36 2.76 0.51 0.44 14.0
(n = 4) SE 0.1 1.9 0.3 0.14 0.13 0.04 0.03 2.5

FF mean 5.8 89.7 5.4 3.99 5.17 3.23 0.86 7.2
(n = 4) SE 0.1 7.3 0.2 0.37 0.48 0.46 0.17 0.2

SW mean 6.7 35.2 8.7 1.63 2.65 0.70 0.02 7.3
(n = 4) SE 0.1 2.6 0.2 0.13 0.19 0.05 0.00 0.6

Over the 2 year monitoring period, water quality components showed similar
seasonal patterns at all four streams, including lower EC, DO, and dissolved anion
concentrations and higher TSS concentrations during the summer monsoon period
(Figure 2). The seasonal patterns observed for the measured anions were not clear for
NH4

+ concentrations. On some occasions during the monsoon period, pH was lower
than the usual circumneutral level, but the decrease did not continue throughout the
season. The discharge-weighted mean concentrations of TSS in stream water were
relatively low (7.3 mg·L−1; Table 1), constrained largely by very low concentrations
during dry periods (Figure 2).
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Figure 2. Temporal variations in hourly precipitation (mm), discharge (m3·s−1), pH, EC 

(μS·cm−1), and concentrations (mg·L−1) of DO, Cl−, SO4
2−, NO3

−–N, NH4
+–N, and TSS in 

four forest streams from May 2008 to April 2010. Error bars indicate standard deviations. 

Data collected during the monsoon period from June through August are indicated by the 

two rectangular boxes. 
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Figure 2. Temporal variations in hourly precipitation (mm), discharge (m3·s−1),
pH, EC (µS·cm−1), and concentrations (mg·L−1) of DO, Cl−, SO4

2−, NO3
−–N,

NH4
+–N, and TSS in four forest streams from May 2008 to April 2010. Error bars

indicate standard deviations. Data collected during the monsoon period from June
through August are indicated by the two rectangular boxes.

At least one of the analyzed hydroclimatic variables, including antecedent
precipitation, soil moisture, and discharge, had significant negative correlations with
pH (at all the sites except B), EC (at all the sites except A), and the concentrations
of dissolved anions, but positive correlations with the concentrations of NH4

+ at
site B and TSS at all the sites (Table 2). The DO levels showed significant negative
correlations with temperature at all streams except stream A and with soil moisture
(SWC) at sites C and D.
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3.2. Intensive Storm Event Sampling and Continuous Instrumental Measurements

Intensive storm event sampling was carried out at 2 h intervals during
eight rainfall events of various duration and intensity (Table 3). The bi-hourly
measurements of anion and TSS concentrations showed large changes only during
the intense events exceeding a threshold precipitation (total rainfall >100 mm
and mean hourly rainfall >5 mm·h−1 during Events 3, 4, 6, and 8; Figures 3
and 4). Dissolved anion concentrations tended to decrease upon initiation of the
rainfall event during some rainfall events and often exhibited inconsistent patterns
depending on ion species. By comparison, TSS concentrations always increased
rapidly in response to rising discharge during the peak flow periods of intense
rainfall events. POC concentrations were lower than DOC concentrations during
baseflow and low-intensity rainfall events, but rapidly increased and exceeded DOC
concentrations during the short peak periods of intense rainfall (Event 3, 4 in Figure 3;
Event 6, 8 in Figure 4).

Table 3. Summary of hydroclimatic conditions that characterize the eight described
rainfall events. Ppt indicates precipitation.

Event Start Time
Duration

(h)
Total ppt

(mm)
Maximum
Hourly ppt

(mm)

Mean Rainfall
Intensity
(mm·h−1)

Antecedent ppt (mm)

3-Day 5-Day 7-Day 14-Day

1 03:00 18 June 2008 19 72 12.5 3.8 0 0 0 30
2 13:00 16 July 2008 6 17 11.0 2.8 0 40 40 106
3 02:00 24 July 2008 33 292 33.5 8.9 3 76 86 143
4 04:00 26 July 2008 26 137 26.5 5.3 292 294 378 435
5 06:00 20 June 2009 11 15 2.5 1.4 3 29 55 105
6 05:00 09 July 2009 14 167 23.5 11.9 1 8 14 15
7 00:00 18 July 2009 30 69 7.5 2.3 61 178 285 459
8 14:00 11 August 2009 24 210 19.5 8.7 0 6 6 7

Discharge-weighted event mean concentrations of TSS had a strong positive
relationship with the mean rainfall intensity levels (R2 = 0.92, p = 0.0002), but only
a weak positive relationship with the total rainfall amounts (R2 = 0.46, p = 0.049;
Figure 5). While the discharge-weighted event mean concentrations of DOC did
not have any significant relationship with both rainfall indices, POC concentrations
exhibited a strong positive relationship with the mean rainfall intensity (R2 = 0.89,
p = 0.0004).

Continuous in situ measurements of pH, EC, and turbidity at 5 min intervals
exhibited very rapid changes in stream water quality during intense rainfall events
(Figures 3 and 4). EC and pH changed little during small rainfall events when the
total precipitation was less than 100 mm, but showed large decreases during the
peak flow periods of larger rainfall events. In contrast, turbidity rapidly increased
in response to increasing rainfall intensity (Figures 3 and 4). During three intensive
rainfall events (Events 3, 6, and 8), turbidity levels showed much larger fluctuations
than those for TSS measurements and exceeded the upper detection limit (1000 NTU)
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during several short peak flow periods. When all data collected during the eight
rainfall events were combined, turbidity measurements exhibited significant positive
relationships with the concentrations of TSS (R2 = 0.92, p < 0.0001) and POC (R2 = 0.77,
p < 0.0001) (Figure 6).Water 2015, 7 6127 
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Figure 3. Temporal variations in hourly precipitation (mm), discharge (m3·s−1),
pH, EC (µS·cm−1), concentrations (mg·L−1) of dissolved ions, DOC, and POC,
turbidity (NTU), and TSS concentration (mg·L−1) during four rainfall events in
2008. DOC and POC data of the four storm events have been published in a
previous report [19].
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Figure 4. Temporal variations in hourly precipitation (mm), discharge (m3·s−1), pH, EC 

(μS·cm−1), concentrations (mg·L−1) of dissolved ions, DOC, and POC, turbidity (NTU) and 

TSS concentration (mg·L−1) during four rainfall events in 2009. DOC and POC data of 

Event 8 have been published in a previous report [11]. 
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Figure 4. Temporal variations in hourly precipitation (mm), discharge (m3·s−1),
pH, EC (µS·cm−1), concentrations (mg·L−1) of dissolved ions, DOC, and POC,
turbidity (NTU) and TSS concentration (mg·L−1) during four rainfall events in 2009.
DOC and POC data of Event 8 have been published in a previous report [11].
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Figure 5. Relationships between event total precipitation (mm) or mean rainfall intensity 

(mm·h−1) and event discharge-weighted mean concentration (mg·L−1) of TSS, POC, and 

DOC. Significant relationships at p < 0.05 were indicated by drawing a regression line 

through the plot. 

 

Figure 6. Relationships between turbidity (NTU) and the concentrations (mg·L−1) of TSS  

(n = 75) or POC (n = 74) measured during eight rainfall events. 
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Figure 5. Relationships between event total precipitation (mm) or mean rainfall
intensity (mm·h−1) and event discharge-weighted mean concentration (mg·L−1) of
TSS, POC, and DOC. Significant relationships at p < 0.05 were indicated by drawing
a regression line through the plot.
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Figure 6. Relationships between turbidity (NTU) and the concentrations (mg·L−1)
of TSS (n = 75) or POC (n = 74) measured during eight rainfall events.
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4. Discussion

The comparisons of stream water chemistry data collected on different
timescales suggest that conventional routine monitoring at weekly to monthly
intervals can adequately describe seasonality and long-lasting or slowly changing
patterns of the stream water chemistry, but its low-resolution data are limited in
providing accurate estimates of chemical fluxes pulsing during storm events. While
bi-weekly monitoring data showed only marginal temporal variations for many
parameters, intensive storm event sampling at 2 h intervals and continuous in
situ measurements at 5 min intervals allowed us to capture rapid storm-induced
changes in stream water chemistry at finer temporal resolutions. High-frequency
monitoring data are essential in understanding short-term dynamics in both the
hydroclimatic conditions and the watershed hydro-biogeochemical responses to
rainfall events [10,22,41]. For example, Nagorski et al. [41] detected short-duration
metal toxicity increases in mining-impacted streams in western Montana during
high-flow periods of the spring runoff events by increasing the sampling frequency.

The results from both the routine (Figure 2) and storm event samplings (Figures 3
and 4) indicated potential water quality deterioration during extreme climatic events
including intense monsoon rainfalls and extended droughts from the winter to
spring. While DO was generally low during the summer, owing to decreased oxygen
solubility with increasing temperature as indicated by the significantly negative
correlations between temperature and DO (Table 2), an unusually low level of DO
(4.6 mg·L−1 on 28 March 2009) occurred during the extended spring drought in
2009 (Figure 2), degrading the stream water quality to a highly contaminated level
(“Grade 4”) according to Korean river water quality standards [42]. This very low
level of DO could not be explained solely by the temperature-DO relationship,
because the observed DO level on the sampling day with a relatively low water
temperature (4.6 ◦C) accounted for 39.7% of the saturation level determined by
the temperature. EC and dissolved ion concentrations tended to be higher during
droughts than during wetter periods, but usually within the range of uncontaminated
streams (Figure 2). However, eutrophication could significantly degrade drinking
water quality in downstream rivers and reservoirs, if increased concentrations of
dissolved nutrients should persist over a prolonged period coupled with unusually
high temperatures. This condition occurred in December 2011 in Lake Paldang,
which receives water from both the North and South Han Rivers and provides
drinking water resources to the metropolitan population of Seoul.

Compared to large storm-induced changes in TSS and POC concentrations, the
concentrations of dissolved ions showed relatively small changes during rainfall
events, often exhibiting ion-specific fluctuations with changing rainfall intensity
and discharge (Figures 3 and 4). As with the lowered EC and dissolved ion
concentrations during the summer monsoon period (Figure 2), rainfall-induced
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initial decreases in EC and dissolved ion concentrations can be explained by
rainfall-induced dilution [43]. This rainfall-induced dilution might also explain
the significantly negative correlations between hydroclimatic variables and dissolved
anion concentrations measured biweekly at the four streams (Table 2). Although
correlations should not be equated to any causal relationship, the consistent
patterns of lower EC and anion concentrations under wetter conditions point to
storm-induced dilution overriding flushing of major anions from soil pools of limited
size. Compared to consistent decreases in EC with increasing hourly rainfalls,
concentrations of different dissolved ion species exhibited different response timing
and durations during intense rainfall events (Figures 3 and 4). As previous studies
have suggested, rainfall-induced dilution of dissolved ions can be complicated by
the flushing of soil-derived chemicals [43] and temporal variations in biogeochemical
exports from different sources depending on the rising or falling limbs of the
hydrograph [44,45].

Drastic increases in both the TSS concentration and turbidity during monsoon
rainfall events (Figures 3 and 4) represent the most outstanding, climate-related water
quality issue among all of the monitored water chemistry components. Considering
that high levels of suspended sediment cause a suite of water quality deterioration
effects, including siltation and sorption of hazardous materials [16], transient but
recurrent surges of suspended sediment export during intense rainfall events should
be taken into account in preparing climate change adaptation strategies for drinking
water facilities that use stream water from mountainous watersheds. In another
study conducted at the same watershed, Jo and Park [20] found that during extreme
rainfall events, suspended sediment in the forest stream (site A) contained substantial
amounts of lead (Pb) that otherwise would have been retained in the forest soil for
a long period. At an outlet of a highly turbid agricultural stream downstream
of the forest stream, the peak concentrations of both suspended sediment and Pb
during storm events exceeded those observed for the forest stream by an order
of magnitude [20]. This agricultural stream loaded with suspended sediments
contributed to several occasions of serious downstream siltation in a local river
during a series of exceptionally intense storm events in 2006, resulting in the
construction of a new drinking water facility taking source water from an upstream
reach rather than more vulnerable downstream reach.

Although bi-weekly monitoring at the four streams showed slightly higher
TSS concentrations during the summer monsoon period than during the other
period, as shown by the positive relationships between hydroclimatic variables
and TSS (Table 2), only intensive stream sampling and high-frequency turbidity
measurements could capture the extraordinary increases in suspended sediment
during the intense rainfall events (Events 3, 6, and 8; Figures 3 and 4). Some
mismatches between storm magnitude and peak concentrations of TSS and turbidity
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(e.g., Event 3 in 2008 vs. Event 8 in 2009) might reflect differences in the response
of discharge and solute export to the varying intensity of the monitored rainfall
event and the amount of antecedent rainfalls. For example, more intense rainfall
occurring during a very short period following a relatively dry condition might
have resulted in more intense responses of both discharge and sediment export
during Event 8 compared to Event 3. The positive relationships between the event
mean rainfall intensity and discharge-weighted mean concentrations of TSS and
POC (Figure 5) suggest that suspended sediments from various soil sources within
the watershed can be exported rapidly when a threshold level of rainfall intensity
is passed. In addition, these sediments transport large amounts of soil organic
carbon to the streams. Large differences in the POC concentrations between low- and
high-flow conditions relative to the small range of DOC concentrations correlated
with discharge (Figures 3 and 4) were also observed in another study that employed
high-frequency, in-stream DOC and POC measurements [11]. Steeper increases in
POC export compared to the gradual increase in DOC leaching were attributed to the
relatively high threshold energy required to initiate erosion of soil and organic matter
particles from potential sediment sources [11]. Storm pulses of POC can represent a
transient but dominant pathway of hydrologic export of soil organic carbon, which
can increase disproportionately during short peak flow periods in response to more
frequent occurrences of extreme rainfall events [19].

During the intense rainfall events when rainfall intensity exceeded a threshold
level, the event mean concentrations of TSS exceeded 100 mg·L−1, a high
contamination level according to the local water quality standard [42]. In accordance
with the increasing occurrence of extreme rainfall events observed over a large part
of the Northern Hemisphere as a consequence of global climate change [8,34], the
occurrence of extreme rainfall events has increased, along with summer precipitation,
across South Korea [35]. Using daily precipitation data averaged across 61 weather
stations, Choi et al. [35] showed that the cumulative amount of precipitation on
extremely wet days (those above the 99th percentile) had increased 36.1 mm per
decade over the period from 1973 to 2007, with many of the significant very-wet-day
precipitation events observed around the mountain regions. If monsoon rainfalls
in East Asia continue to intensify in the coming decades, as predicted for tropical
precipitation regimes by model simulations combined with satellite observations [34],
we can expect more frequent occurrences of intense rainfall events. Intense rainfalls
which exceed the threshold rainfall intensity level for initiating the export of erodible
soils and associated organic carbon can result in siltation and large organic carbon
inputs in receiving waters, until repeated storm-induced flushing processes reduce or
deplete soil pools exceeding the capacity of soils to replenish organic matter [11,32].

In a review on forested watersheds in North America, Binkley and Brown [6]
found that most forest streams have relatively low annual mean concentrations of
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suspended sediment (<5 mg·L−1, with stormflow peaks reaching up to 100 mg·L−1),
although there were some rare studies reporting unusually high outliers exceeding
1000 mg·L−1 even in undisturbed forests. Much wider variations of suspended
sediment concentrations ranging from less than 1 mg·L−1 to 5000 mg·L−1 have
been observed in large river systems globally [46]. Large increases in suspended
sediment concentrations have also been observed following disturbances caused
by forest management activities such as harvesting and road construction [6,47].
The exceptionally high TSS concentrations observed during the peak flow periods
of some of the intensive rainfall events we monitored suggest that soil erosion in
steep mountainous watersheds can be vulnerable to extreme rainfall events, even
without any disturbances over recent years. Similar high rates of sediment export
during intense storm events have been observed in steep mountainous watersheds
in Japan [12,48,49]. In a Korean natural forest dominated by 80–200-year old trees
of similar species to the study site, Kim et al. [50] also observed high export rates of
suspended sediment (measured as POC) during intense storm events.

Potential sources of suspended sediment in mountainous forested watersheds
include the forest floors, trails, streambanks, and streambeds [7,48]. Other studies that
have traced sediment sources in the Haean watershed using Pb stable isotopes [20]
or C and N stable isotopes [19] suggested streambanks and bare surfaces as major
sources of sediments. In a study that traced sediment sources using 137Cs and 210Pb
in a Japanese cypress plantation, Mizugaki et al. [48] found that suspended sediment
was derived from a mixture of sources including interrills on the forest floor, truck
trails, and streambanks. Relatively high contributions of suspended sediment from
the forest floor during heavy rainfalls were attributed to overland flow and interrill
erosion due to low organic matter accumulation and understory vegetation coverage
on the forest floor under the dense cover of cypress canopies [48].

High-frequency turbidity measurements on the timescale of minutes had
several advantages over the lower temporal resolution of intense hourly storm
event sampling, which often did not indicate rapid changes in suspended sediment
transport during intense rainfall events (Figures 3 and 4). Care should be taken when
turbidity is used as a surrogate of suspended sediment, because turbidity represents
the light scattering properties of all the suspended matter unlike TSS that represents
the mass of suspended sediment per unit volume [16]. However, there are some
advantages of high-resolution time series data of turbidity including the application
potential of real-time turbidity measurements as early warning signals of suspended
sediment and organic carbon surges in drinking water facilities and their source
areas. If we can establish empirical relationships between turbidity levels and the
concentrations of TSS or POC, as shown in Figure 6, the relatively cost-effective and
robust turbidity measurement system can be employed as a surrogate to estimate the
concentrations and fluxes of suspended sediment or organic carbon in streams and
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rivers. While turbidity time series data have been widely used to estimate suspended
sediment loads in polluted waters (e.g., [51]), this study provided a rare empirical
relationship between turbidity and the concentrations of POC. Sediment surges in
drinking water source areas during extreme rainfall events can have devastating
impacts on drinking water facilities and aquatic ecosystems. This occurred in 2006 in
the Lake Soyang Watershed where our study site is located. Early warning signals
from real-time turbidity measurements in headwater streams can facilitate proactive
protection of waterways and water treatment facilities. For example, early warning
signals can allow water treatment operators to add treatment modules or shut
down the intake valves until “slugs” of suspended sediment pass by. These signals
can also help predict potential increases in disinfection byproducts during rainfall
events based on the well-established relationship between the amount of organic
substances (particularly humic substances) and disinfection byproduct formation
potentials [38,39,52].

5. Conclusions

While bi-weekly monitoring data captured long-lasting, substantial decreases in
DO and large increases in dissolved nutrients during extended droughts from winter
to spring, very rapid, drastic increases in TSS concentrations and turbidity during
intense monsoon rainfall events might represent a key climate-related water quality
issue in the studied mountainous watersheds. Given the potential of suspended
sediment to transport heavy metals and other toxic contaminants, rainfall-induced
pulses of suspended sediment can pose further risks to downstream water quality,
particularly in mountainous areas under poor forest growth conditions or dotted
with abandoned mines.

Comparing stream water chemistry data collected at different timescales allowed
us to evaluate the importance of sampling frequency in assessing climate-induced
risks to stream water quality arising from either intense monsoon rainfalls or large
seasonal variations in rainfall. Based on the comparison of intensive rainfall event
sampling at 2 h intervals, in situ instrumental measurements at 5 min intervals,
and bi-weekly monitoring data, we suggest that routine monitoring based on
weekly to monthly sampling should be supplemented with high-frequency sampling
or continuous instrumental measurements to provide more accurate estimates
of material transport, particularly those related to suspended sediment, during
periods when hydrologic conditions vary very rapidly due to frequent occurrence of
storm events. In particular, high-frequency, in situ measurements of turbidity can
provide high-resolution time series data that can be used to estimate the transport of
suspended sediment and POC based on the empirical relationships established for
several rainfall events of various duration and intensity. These data can also be used
as early warning signals for suspended sediment and POC surges during intense
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rainfall events and to identify potential increases in disinfection byproduct formation
by natural organic matter in drinking water source areas based on some empirical
relationships between suspended sediment (or POC) and disinfection byproduct
formation potentials that were established in a previous study conducted at the same
watershed [39]. The positive relationships between the concentrations of suspended
sediment and metals (Pb) reported from the same study site [20] might be used to
predict the potential range of metal fluxes carried by suspended sediment.

In summary, we propose that high-frequency instrumental monitoring, such as
continuous turbidity measurements, should be complemented to the conventional
routine monitoring to capture rapid water quality changes in headwater streams
draining mountainous watersheds during rainfall events. Within this proposed
multiple time-scale monitoring scheme, low-frequency routine monitoring data can
be used to establish long-term or seasonal patterns for chemical constituents showing
strong seasonal trends, including DO and dissolved ion concentrations.
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Effects of the “Run-of-River” Hydro Scheme
on Macroinvertebrate Communities and
Habitat Conditions in a Mountain River of
Northeastern China
Haoran Wang, Yongcan Chen, Zhaowei Liu and Dejun Zhu

Abstract: The main objective of this study was to quantify the impacts of
the run of river (ROR) scheme on the instream habitat and macroinvertebrate
community. We sampled the macroinvertebrate assemblages and collected the
habitat variables above and below an ROR hydropower plant: Aotou plant in
the Hailang River, China. The effects of the ROR scheme on habitat conditions
were examined using regulation-related variables, most of which, particularly
the hydrological variables and substrate composition, presented spatial variations
along the downstream direction, contributing to heterogeneous conditions between
reaches. The macroinvertebrate richness, the density and the diversity metrics
showed significant decreases in the “depleted” reach compared with the upper and
lower reaches. Approximately 75% of reach-averaged densities and 50% of taxa
richness suffered decreases in the “depleted” reach compared with the upper reach.
Furthermore, functional feeding groups also showed distinct site differences along
the channel. The relative abundance of both collector-gatherers and the scrapers
reduced considerably at the “depleted” sites, particularly at the site immediately
downstream of the weir. The total variance in the the functional feeding group (FFG)
data explained by Canonical correlation analysis (CCA) was more than 81.4% and
the high-loadings factors were depth, flow velocity, DO and substrate composition.
We demonstrated that flow diversion at the 75% level and an in-channel barrier,
due to the ROR scheme, are likely to lead to poor habitat conditions and decrease
both the abundance and the diversity of macroinvertebrates in reaches influenced by
water diversion.

Reprinted from Water. Cite as: Wang, H.; Chen, Y.; Liu, Z.; Zhu, D. Effects of
the “Run-of-River” Hydro Scheme on Macroinvertebrate Communities and Habitat
Conditions in a Mountain River of Northeastern China. Water 2016, 8, 31.

1. Introduction

Hydropower is the most common renewable source in the world and accounts
for 16% of the total electricity production [1]. Because hydropower is commonly
associated with river regulation, numerous studies have addressed the ecological
impacts from flow manipulation and fragmentation [2–4]. Despite the broad
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recognition of the ecological consequences of hydropower, most studies focused
on the impacts of large-scale hydropower on the habitats and behaviors of valuable
fishes and relatively few studies paid attention to small-hydro [5–8].

Small-hydro is, in most cases, “run of river” (ROR). ROR schemes use in-stream
flow and operate with little or no water storage. Channel obstructions include
small dams, weirs and other barriers, which are associated with the secondary
channel/tube to divert a proportion of flow to turbines in the powerhouse [1,9]. This
small-hydro scheme is regarded as environmentally friendly, because it does not
use significant d amming [9], but international studies and other reports are scarce
to support this view. The manipulation of flow diversions alters the natural flow
regime and will potentially change downstream habitat conditions, and both, in turn,
may present threats to ecological processes and river organisms. Although relatively
little attention has been given to the ecological impacts of the ROR scheme on river
organisms, other relevant studies of water diversions and artificial drought, due
to river regulations, revealed some potentially significant ecological impacts. For
example, Dewson [10] used whole-channel flow manipulations to imitate real water
abstractions and found that significant Ephemeroptera, Plecoptera, and Trichioptera
(EPT) individuals decreased in response to reduced flows. Finn and Boulton [11]
compared two Australian streams influenced with or without water extraction, and
revealed that artificial drought resulted in declines in macroinvertebrate richness
and density but increases in the representation by drought-tolerant groups. These
studies provide useful perspectives and references for studying the impacts of an
ROR scheme.

China deserves special attention toward the ecological impacts of hydropower.
By the end of 2014, China has 27% of the hydropower-installed capacity and has
installed a capacity of more than 300 million kW (National Energy Administration,
China). Moreover, approximately 40% of small-hydro capacities exist in China, and
most of them operate with the ROR scheme. However, the effects of the ROR scheme
on river habitats and freshwater species are completely lacking in the rivers of China.

To access the regulation impacts of the ROR scheme on the river ecosystem
and to reach a better and effective regulation management, more studies are
needed on a case-by-case basis concerning indicator species and meso-habitats
within rivers influenced by specific hydropower projects. The macroinvertebrate
community is an important component of freshwater ecosystems, and it is widely
used in environmental and ecological assessments in freshwater ecosystems [12]. By
understanding the consequences of ROR operations on the alterations in the flows
and habitat conditions, it may be possible to make inferences on the changes of
macroinvertebrate communities associated with habitat variables. The perspective
of species–habitat interaction compared with a single biological perspective should
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be more beneficial to the understanding of the ROR eco-impacts and potential
regulation decisions.

The main objectives of this study were to understand the environmental and
ecological impacts of ROR operations by comparing macroinvertebrate assemblages
and habitat conditions above and below an ROR plant, the Aotou hydropower
plant, situated in the Hailang River, northern China, from the middle of June
to July 2014. Physico-chemical and biological data were gathered through field
investigations and observations at designed sampling sites. The relationship
between habitat environments and macroinvertebrate assemblages was also assessed.
We hypothesized that flow diversions due to ROR operations could change habitat
variables and then impact macroinvertebrate assemblages, which leads to reduced
macroinvertebrate biodiversity and poor habitat quality in dewatering reaches.
The present study will enrich the knowledge of river ecosystems in northern China.

2. Materials and Methods

2.1. Study Area

The field data were collected from the Hailang River. It is the largest tributary
of the Mudan River in northern China, flowing approximately 210 km from the
Changbai Mountain to the Mudan River. The Hailang River subcatchment drains
5225 square km of land, and has an annual precipitation of 800 mm. The river freezes
from late November until early April. The highest flows in the Hailang River occur
when the snow melts during the spring thaw.

As a mountain river, the Hailang River has a mean slope of 2.52h. The elevation
is from 773 m at the waterhead area to 243 m at the mouth. Due to the steep slope
and high elevation range from the headwaters to the mouth, the Hailang River
has abundant waterpower and a cascade of nine power plants is planned in the
near future years. The Aotou Plant is a small ROR hydropower plant situated in
a lower gradient reach of the Hailang River with a designed head of 5.5 m and
a peak capacity of 1225 KW. The main channel is obstructed with an in-channel
weir to regulate water levels, allowing a proportion of flow to be diverted down a
“Left Bank” diversion channel to turbines before it is returned to the main channel,
3.7 km further downstream. The Aotou Plant operates without water storage but
creates a 3.7 km-long depleted stretch from the main channel weir to return point.
In the water-depleted reach, the natural flow regime reduced significantly, and
little overflow and seepage are the main types of discharge. This phenomenon is
particularly severe in the dry season.

Benthic macroinvertebrate samples and environmental variables were collected
along three reaches near the Aotou Plant in the Hailang River: (1) 6.3-km-long
reach upstream of the weir; (2) 3.7-km-long “depleted” reach; and (3) 7.6-km-long
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reach below the flow returning point. Three sampling sites were selected over each
sampling reach (Figure 1). Diversion channel was not included in the investigation
due to the application of a rectangular reinforced concrete structure, which causes
a steep slope and deep water levels, making only a small area available for
sampling work.
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Figure 1. Locations of the study area and sites.

2.2. Sampling and Identification

At each sampling site, three replicates spaced at least 3 m apart were randomly
selected from fast-flow habitats, such as riffles and runs. A modified kick-net (mesh
size = 0.375 mm, area = 1 m2), constructed out of a PVC frame and polyethylene net
was used to collect benthic macroinvertebrate samples in areas with hard-bottomed
substrate where the water depth was less than 0.7 m. Considering the reliability of
the research results and sampling conditions, a sampling area of one square meter
was chosen at each sampling location [13]. Additionally, the kicking intensity and
duration were kept as similar as possible to ensure effectiveness and consistency.

206



Each mixed sample of macroinvertebrates and debris was obtained from the net
following a timed (1.5 min) disturbance of 0.2 m-depth of the substrate upstream
from the kick-net. The debris and macroinvertebrates were rinsed through a sieve
(mesh size = 0.50 mm) and subsequently moved into the labeled sample containers
and preserved in a 5% formaldehyde solution.

All of the faunal samples were counted, sorted and identified in 70% alcohol
under a stereoscopic microscope in the laboratory. Macroinvertebrates were
identified to the lowest possible taxonomic classification, mostly species-level or
genus-level. The sorted taxa were assigned to the functional feeding group (FFG)
categories, proposed by Cummins [14,15], to describe feeding structure variations
between the study sites. Five following groups were introduced: predators (prd),
collector-gatherers (c-g), collector-filterers (c-f), scrapers (scr) and shredders (shr).

2.3. Physical Habitat Assessment

For each replicate, the sampling position was extended into a square cell, with
a side length of 1.5 m. Each cell was considered to be a distinct habitat to allow a
qualitative comparison of habitat types and quantitative assessments of physical and
chemical variables. Hydraulic parameters, including water depth and flow velocity
(at 0.6 of the depth by LS300, a portable flow meter), were measured and recorded
in situ at each cell. The dissolved oxygen (DO) and water temperature (WT) were
also detected in situ by a dissolved oxygen meter, YSI PRO-ODO. Qualitative records
were also made in each cell in the presence or absence of hydrophyte, the coverage of
riparian vegetation, the ratio of pool/riffle and the embeddedness of the substrate.

The water samples and substrata samples were collected at each site for further
analysis. PH, chemical oxygen demand by the potassium permanganate method
(CODMn), chemical oxygen demand (COD), 5-day biochemical oxygen demand
(BOD5), ammonia nitrogen (NH3-N), total phosphorus (TP) and total nitrogen (TN)
were introduced for water-quality determination. All of these parameters were
examined in the water quality analysis laboratory according to State Environmental
Protection Administration of China (SEPA) standard methods. Substrata composition
were measured and classified following the EPA standard in the laboratory. Four
classes of particle sizes were introduced: CB Cobbles (>64 to 250 mm), CG Coarse
Gravel (>16 to 64 mm), FG Fine Gravel (>2 to 16 mm) and SA Sand (>0.06 to 2 mm).

2.4. Methods of Analysis

Shannon-Wiener H’, Pielou evenness J and Margalef richness dM were used
to evaluate the biodiversity of macroinvertebrate communities between the study
sites. A one-way analysis of variance (ANOVA) was introduced to assess the reach
differences in both habitat variables and macroinvertebrate data. A posteriori Tukey’s
HSD test was run when the difference was found.
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Multivariate methods were used to determine the spatial and temporal patterns
underlying abiotic and biotic data. Principal components analysis (PCA) of the
physical and chemical habitat variables was used to summarize the total variation in
the habitat data and identify major environmental gradients. Prior to the PCA,
a Pearson correlation matrix of the environmental variables was introduced to
determine the significantly correlated ones. The correlations of COD and CODMn

(correlation coefficient is 0.987, p < 0.01), Coarse Gravel and Fine Gravel (correlation
coefficient is 0.803, p < 0.01) were proved to be strong, so only COD and Fine Gravel
were used in the analysis. BOD5 was also excluded because of its constant value
(2.00 mg/L). In total, 12 variables were included in the PCA. Canonical correlation
analysis (CCA) was applied to examine the relative importance of environmental
conditions in determining the differences in macroinvertebrates’ FFG structure
between the study sites. A direct gradient analysis using the coefficients for taxa
and coefficients for environmental variables of habitats was used to maximize the
species–environment correlation [16]. The data matrix of site environmental variables
and the data matrix of site macroinvertebrate abundances in terms of FFG were
used in the analysis. The significance of all primary CCA axes was determined
by the Monte Carlo permutation testing (499 permutations) of the eigenvalues.
Prior to the PCA or CCA, all of the data (habitat data in the PCA, habitat data and
macroinvertebrate data in the CCA) were logarithmically transformed [log10 (x + 1)]
to standardize the scales.

3. Results

3.1. Physical and Chemical Variables

Our samplings were conducted from the middle of June to July 2014 (wet
season) when the daily average flow ranged from 51.1 to 75.6 m3/s, which was
abundant enough to make the operation continuous. During the sampling period,
the proportion of the total flow diverted from main channel to the turbines was
approximately more than 75% which largely changed the hydrological regime in the
reach below the weir. The average wetted area in the “depleted” reach obviously
reduced compared with the upper reach and lower reach, particularly at S4 and S5.

The values of depth, velocity, DO and water temperature were averaged among
the three replications at each site, whereas the water chemistry variables and substrata
data were recorded once at each site. There were significant effects of the ROR
scheme on both the reach-averaged hydraulic parameters water depth (ANOVA:
F = 21.246, p < 0.001) and flow velocity (F = 10.917, p < 0.001). The water depth
was significantly reduced in the “depleted” reach compared with the upper reach
(Tukey’s HSD, p < 0.001) and lower reach (p < 0.05) (Table 1), although there was
no significant difference between the upper reach and lower reach, and the flow
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velocity was significantly reduced in the “depleted” reach (p < 0.001) and lower reach
(p < 0.001) compared with the upper reach.

Table 1. Summary of habitat variables (SD) for all sites throughout the study period.

Variables Units
Upper Sites Depleted Sites Lower Sites

S1 S2 S3 S4 S5 S6 S7 S8 S9

Depth m 0.34
(0.03)

0.31
(0.06)

0.24
(0.03)

0.09
(0.02)

0.17
(0.04)

0.18
(0.03)

0.28
(0.04)

0.19
(0.04)

0.23
(0.02)

Velocity m/s 0.56
(0.12)

0.53
(0.11)

0.56
(0.01)

0.21
(0.01)

0.24
(0.06)

0.27
(0.02)

0.34
(0.09)

0.21
(0.01)

0.37
(0.05)

DO mg/L 10.13
(0.01)

10.38
(0.09)

10.20
(0.08)

9.22
(0.08)

9.29
(0.01)

9.57
(0.04)

9.27
(0.01)

9.19
(0.03)

9.11
(0.02)

Temp ˝C 20.23
(0.03)

20.80
(0.31)

19.50
(0.20)

19.97
(0.12)

19.73
(0.03)

20.07
(0.17)

19.43
(0.03)

19.37
(0.03)

19.33
(0.03)

PH ´ 7.69 7.36 7.30 7.27 7.23 7.19 7.25 7.27 7.25

CODMn mg/L 5.70 4.60 4.70 4.50 4.80 4.80 4.60 4.50 4.40

COD mg/L 19.50 16.10 16.10 15.40 16.30 16.50 15.90 15.40 14.60

BOD5 mg/L 2.00 2.00 2.00 2.00 2.00 2.00 2.00 2.00 2.00

NH3-N mg/L 0.12 0.17 0.16 0.13 0.14 0.15 0.19 0.17 0.15

TP mg/L 0.08 0.08 0.07 0.07 0.07 0.11 0.10 0.11 0.12

TN mg/L 0.24 0.25 0.25 0.25 0.25 0.28 0.30 0.29 0.26

CB Cobble % 60.00 37.00 42.40 22.89 32.92 28.32 30.73 34.61 27.92

GC Gravel % 27.01 38.86 35.35 50.66 45.73 48.16 38.90 34.10 39.70

GF Gravel % 7.80 15.69 13.23 21.94 17.20 19.90 20.90 16.20 20.70

SA Sand % 4.00 8.10 9.02 4.20 3.70 3.10 9.10 14.50 11.10

The values of PH (p < 0.001) and DO (p < 0.01) were relatively higher in the upper
reach than in either the “depleted” reach or the lower reach. Other water chemistry
variables, including CODMn, COD, BOD5, NH3-N, TP, and TN, were not different
between the upper reach and the “depleted” reach, however, these variables were
significantly different between the upper reach and lower reach, with significantly
higher values of CODMn (p < 0.01), COD (p < 0.01) in the upper reach and higher
values of TP (p < 0.001), TN (p < 0.001) and NH3-N (p < 0.05) in the lower reach.

The substrata percentage composition showed reach differences. The cobble
percentage was significantly higher in the upper reach than the “depleted” reach
(p < 0.001) and the lower reach (p < 0.001). However, the sand/silt percentage
presented a significantly high value in the lower reach than the “depleted” reach
(p < 0.001) and the upper reach (p < 0.01).
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In addition, qualitative records suggested that the riparian and instream
habitat conditions changed distinctly along the Hailang River (Figure 2). The
habitat conditions, in terms of wetted area, vegetation coverage, pool/riffle ratio,
embeddedness and riverbank stability, degraded sharply from the “optimal” in
the upstream to “poor” in the immediate downstream of the weir, and upgraded
gradually further downstream with flow returning, based on the criteria of the US
EPA [17].
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Figure 2. Sequential photographs showing the changing habitat character in a
downstream direction in the Hailang River: (a) S2 at the upper reach; (b) S5 at the
“depleted” reach; and (c) S7 at the lower reach.

An ordination by the PCA of the physical-chemical habitat variables (the
12 parameters mentioned above) explained 69.8% of the cumulative variance in
the data by the first two principal component axes (Figure 3). The variance
explained by axis1 was 49.5%. Significant loadings on axis1 showed a positive
gradient of increasing water depth, flow velocity, DO, PH, COD, and cobble
percentage. Significantly negative loadings exerted an increasing gradient of fine
gravel percentage and TN. Axis 2 accounted for 20.3% of the data variance, and three
variables, namely NH3-N, TP and the sand percentage, represented significantly
positive loadings on the axis.

The PCA of the physical-chemical variables’ metrics indicated considerable site
differences. The plot of sample scores demonstrated that the sampling locations
of the upper reach, the “depleted” reach and the lower reach clustered into three
groups. With respect to the axis1 scores, upper locations typically occupied further
right positions compared to locations within the “depleted” reach and lower reach,
characterizing the upper habitat conditions by higher velocity, water depth, DO and
cobble percentage but lower TN and fine gravel percentage. With respect to the
axis 2 scores, locations from the lower reach were located more towards the positive
end of the axis than the others, characterizing the lower habitat conditions by higher
concentrations of NH3-N, TP and sand/silt percentage.
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Figure 3. Plot of samples scores from the PCA of physical and chemical habitat
variables along principal component axes 1 and 2. Cumulative variance in the
data was explained 69.8% by two axes. Each point represents a different sampling
location (replicate). Closed circles represent upper locations, open circles represent
locations in the “depleted” reach, and open triangles represent lower locations.

3.2. Assemblage Composition

In total, 25 taxa were recorded in the study area of the Hailang River, which
belonged to 13 phyla, five classes, and 18 families (Table 2). Insecta was the dominant
taxonomic group and accounted for 87.97% of the total captured individuals.
Ephemerellidae, Chironomidae and Heptageniidae were the most abundant representative
families, comprising 31.18%, 15.82% and 14.23% of the total fauna, respectively.

Great differences in the taxonomic composition of major communities presented
within each reach (Figure 4). The relative abundance of Ephemeroptera was
consistently high in the upper reach and lower reach, particularly in the upper
reach, with a high proportion of 69.57%. Diptera had the second highest abundance
followed by Ephemeroptera in the upper reach and lower reach, presenting 12.21%
and 16.67%, respectively. In contrast, Diptera was the most numerous group in
the “depleted” reach below the regulating weir, with a relatively high abundance
of 34.32%. The percentage of Ephemeroptera presented a considerable reduction
compared with that in other reaches, comprising only 23.78% of the total fauna. The
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relative abundance of all the other taxonomic groups, which primarily consisted of
Coleoptera, Trichoptera, Oodonata, Oligochaeta, were consistently low in the reaches.

Table 2. Taxonomic composition (relative abundance) of macroinvertebrates
between reaches in the Hailang River.

Class Genus/Species Relative Abundances (%)

Upper Reach Depleted Reach Lower Reach

Insecta
Polypedilum sordens 0.79 6.49 2.19
Cryptochironomus
defectus 3.95 14.32 4.50

Chironomus plumosus 5.89 9.19 7.30
Pocladius choreus 1.58 2.43 2.68
Cinygma sp1 4.58 ´ ´

Cinygma sp2 4.42 ´ ´

Epeorus uenoi 11.26 7.03 3.53
Drunella sp1 7.53 0.00 5.60
Drunella sp2 14.32 0.00 17.76
Ephemerella sp 14.47 3.24 8.52
Ephemera sp 10.53 7.84 10.22
Baetis sp 0.63 0.00 4.38
Potamanthus
huoshanensis 1.84 5.68 2.07

Elmidae 2.16 ´ 0.73
Dytiscidae 0.11 2.97 ´

Ieptoceridae 0.37 ´ ´

Hydropsychidae 4.32 2.16 9.85
Gomphidae 3.16 7.03 7.54
Muscidae ´ 1.89 ´

Oligochaeta
Tubificidae 2.47 8.11 1.82

Clitellata
Glossiphonia sp 1.42 ´ 2.43
Whitmania sp 1.95 ´ 0.61

Gastropoda
Radix ovata 1.00 5.41 2.92
Oncomelania 1.26 15.41 5.35

Bivalvia
Corbicula ´ 0.81 ´

The ROR scheme impacted the distribution of fauna, and the effects could be
reflected by density, taxon richness, EPT richness and other common biodiversity
indices (Figure 5). For all of the patterns of site density, richness and derived
biodiversity indices, the ANOVA indicated significant differences between reaches
(density F = 98.712, p < 0.001; taxon richness F = 64.012, p < 0.001; EPT richness
F = 78.301, p < 0.001; dM F = 23.515, p < 0.001; H’F = 18.363, p < 0.001; and JF = 9.284,
p < 0.001).

212



Water 2016, 8, 31 8 of 16 

 
Figure 4. Relative abundance of major taxonomic groups between reaches. Percentage values are for 
the abundance pooled across the nine samples collected from each reach. 

The ROR scheme impacted the distribution of fauna, and the effects could be reflected by 
density, taxon richness, EPT richness and other common biodiversity indices (Figure 5). For all of the 
patterns of site density, richness and derived biodiversity indices, the ANOVA indicated significant 
differences between reaches (density F = 98.712, p < 0.001; taxon richness F = 64.012, p < 0.001;  
EPT richness F = 78.301, p < 0.001; dM F = 23.515, p < 0.001; H’F = 18.363, p < 0.001; and JF = 9.284, p < 0.001). 

 
Figure 5. Macroinvertebrate abundance, taxon richness, EPT richness and other indices of diversity 
from each sampling site in the Hailang River. Mean (±1 SE) are given for samples collected from nine 
sites on three reaches. 

In terms of density, taxon richness, EPT richness, Shannon-Wiener index H’ and Margalef 
richness dM, there were significant reductions in the “depleted” reach compared with the upper reach 

Figure 4. Relative abundance of major taxonomic groups between reaches.
Percentage values are for the abundance pooled across the nine samples collected
from each reach.

Water 2016, 8, 31 8 of 16 

 
Figure 4. Relative abundance of major taxonomic groups between reaches. Percentage values are for 
the abundance pooled across the nine samples collected from each reach. 

The ROR scheme impacted the distribution of fauna, and the effects could be reflected by 
density, taxon richness, EPT richness and other common biodiversity indices (Figure 5). For all of the 
patterns of site density, richness and derived biodiversity indices, the ANOVA indicated significant 
differences between reaches (density F = 98.712, p < 0.001; taxon richness F = 64.012, p < 0.001;  
EPT richness F = 78.301, p < 0.001; dM F = 23.515, p < 0.001; H’F = 18.363, p < 0.001; and JF = 9.284, p < 0.001). 

 
Figure 5. Macroinvertebrate abundance, taxon richness, EPT richness and other indices of diversity 
from each sampling site in the Hailang River. Mean (±1 SE) are given for samples collected from nine 
sites on three reaches. 

In terms of density, taxon richness, EPT richness, Shannon-Wiener index H’ and Margalef 
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Figure 5. Macroinvertebrate abundance, taxon richness, EPT richness and other
indices of diversity from each sampling site in the Hailang River. Mean (˘1 SE) are
given for samples collected from nine sites on three reaches.

In terms of density, taxon richness, EPT richness, Shannon-Wiener index H’
and Margalef richness dM, there were significant reductions in the “depleted” reach
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compared with the upper reach (Tukey’s HSD, for all indices, p < 0.001), particularly
at S4, where all of the indices were consistently the lowest compared with other sites.
Compared to the upper reach, the indexes reduced significantly in the lower reach
(density, taxon richness, EPT richness p < 0.001; dM p < 0.05) with the exception of
Shannon-Wiener index, which showed no significant difference. From S4 to S9, with
flow returning, the levels of these indexes increased gradually in the downstream
direction and were significantly higher in the lower reach than the “depleted” reach
(for all indices, p < 0.001). For Pielou evenness J, significantly higher values were
found in the “depleted” reach (p < 0.001) and the lower reach (p < 0.05) than in the
upper reach, although there was no significant difference between the “depleted”
reach and lower reach.

3.3. FFG Variations

In total, scrapers, collector-gatherers and predators were the first three
predominant functional feeding groups in benthic samples, comprising 41.46%, 35.22%
and 15.62% of the macroinvertebrate assemblage, respectively. Collector-filterers and
shredders were relatively uncommon and only consisting of 5.63% and 2.07% of the
total fauna, respectively. Collector-filterers were primarily at lower sites and appeared
to be poor at other sites. Shredders were distributed unevenly and appeared to be
present at “depleted” sites and absent at most other sites.

On a reach-scale, the spatial variations of the FFG composition observed at the
“depleted” sites (S4–S6) were more distinct than either the upper sites (S1–S3) or the
lower sites (S7–S9). The relative abundance of predators decreased from 49.18% at
S4 to 22.73% at S6; however, both scrapers and collector-gatherers had a two-fold
increase from S4 to S6. The relative abundances of FFG were relatively stable both at
the upper sites and the lower sites (Figure 6).

Macroinvertebrates’ abundances classified according to the FFG were included
in multivariate analyses (Figure 7). A CCA of the physical-chemical habitat data
with macroinvertebrate data based on FFG abundance explained 81.4% of the total
variance in the first two canonical variables. The first canonical variable captured
57.2% of the variance and the strong positive loadings were from hydraulic variables
depth, flow velocity, DO and NH3-N. The second canonical variable accounted for
24.2% of the total variance. For canonical variable 2, CODMn, sand proportion
and cobble proportion presented the highest positive loadings, whereas water
temperature and TP presented the highest negative loadings. The bi-plot of the
macroinvertebrate data with the physical-chemical habitat data revealed that scrapers
and collector-gatherers were situated to the positive end of variable 1 and appeared
to be positively associated with hydraulic variables and DO. In contrast, predators
and shredders appeared to be negatively associated with hydraulic variables and
DO, especially for shredders, which exerted the highest negative loading. Partial
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correlations of FFG with each strongly correlated physical-chemical variable revealed
a significantly positive correlation between velocity, DO, cobble proportion with
scrapers and collector-gatherers. Shredders were negatively correlated with NH3-N.
Collector-filterers were positively correlated with water temperature, NH3-N and
the sand proportion. Predators were also positively correlated with the coarse gravel
proportion (Table 3).
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Table 3. Partial correlations between FFG and the physical and chemical habitat
variables measured in the study from the CCA. Variables with absolute correlation
coefficients greater than 0.3 are listed.

Group Positive Correlation
Coefficients

Negative Correlation
Coefficients

Scr
Velocity * (0.453)

DO ** (0.783)
Cobble * (0.408)

TN † (´0.321)
Fine Gravel † (´0.346)

Shr ´ NH3-N * (´0.373)

Prd Coarse Gravel * (0.377) ´

C-g
Velocity * (0.452)

DO ** (0.646)
Cobble * (0.434)

Fine Gravel * (´0.370)

C-f
Water Temp.** (0.770)

NH3-N * (0.138)
Sand ** (0.694)

´

† Correlation is significant at the 0.1 level (2-tailed); * Correlation is significant at the
0.05 level (2-tailed); and ** Correlation is significant at the 0.01 level (2-tailed).
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4. Discussion

4.1. The Effects of ROR Scheme on Spatial Variations in Habitat Conditions

The most critical process affecting downstream habitats within the “depleted”
reach of Aotou plant was the flow reduction. In general, natural rivers have relatively
stable flow regimes, mostly running at base flow levels [18,19]. However, the
operations of the ROR scheme disturb the natural flow regime through in-channel
barriers associated with flow diversion by secondary diversion channels. The
collected data in the study showed that over the entire sampling period (June to
July, 2014), the diverted flow was estimated at 70%–80%, which meant that only
20%–30% of the total flow fed the downstream channel of the weir. Flow regimes
are regarded as playing a fundamental role in determining river habitat availability
and ecological integrity [20–22]. The direct consequences of flow variations are the
alterations of hydrological habitat factors, generally including flow velocity, water
depth and wetted widths, which were commonly recognized as key physical habitat
factors in river ecosystems. At depleted sites, particularly site S4, the recorded
hydrological variables declined dramatically compared with the upper sites due to
flow reductions. The mean flow velocities and water depths in riffles located at the

216



“depleted” sites were 3–4 times lower than the upper ones, and the wetted channel
widths of these dewatered sites also experienced a reduction of 30%–60%. Decreased
flow created a large proportion of lentic or slow-flow habitats in the “depleted”
reach, which was largely inconsistent with upper ones that featured riffles and runs.
This declining trend is consistent with the results of other case studies [23,24]. With
flow return, water depths and flow velocities tended to increase gradually at lower
sites, although the magnitudes of increases were heavily dependent on the channel
morphology, and the habitat conditions at the lower reach upgraded significantly
from the “depleted” reach.

The results from the present study identified spatial variations in DO
concentrations, with levels that were significantly higher in the upper reach. The
DO concentration in rivers is influenced by many biological, chemical, and physical
interactions, and in terms of the physical process, it is heavily controlled by water
temperature, water pressure and flow velocity [25,26]. In this case, with little water
temperature difference, the lower velocities and induced relatively weak disturbances
in downstream reaches are likely to decrease oxygen aeration and, hence, reduce DO
levels. Other chemical water chemistry variables (including CODMn, COD, BOD5,
NH3-N, TP, and TN) showed no significant differences between the upper reach
and the “depleted” reach. These results suggest that the ROR scheme contributed
little to level variations of nutrients and organic contaminants. Increasing levels
of nutrients (TN, TP and NH3-N) were found in the lower reach, mainly due to
agriculture practices along both the diversion channel and the downstream channel,
which contributed to more nutrient loadings to the receiving water.

In addition to changing the flow regime, in-channel barriers are effective
sediment traps and are known to have an important effect on the downstream
channel [27]. The longitudinal characteristics of substrate compositions were
remarkable in the study. Large-diameter sediments, such as cobbles and coarse
gravel, were the dominant compositions in the upper reach and were accompanied
by great embeddedness. In contrast, cobble compositions significantly decreased in
the lower reach, but sand compositions increased. We are unsure as to what extent
these changes depended on the ROR plant; therefore, more studies are needed to
further explain the shifting mechanisms. Unstable riverbanks with poor riparian
vegetation were detected in the “depleted” reach, particularly at sites immediately
downstream of the weir. The volume flux of overflow and the resulted sediment
composition may be the best explanation for the poor condition. The flow over
regulating weir was low in the load of suspended sediment, and such flow can easily
lead to erosion and channel incision [27,28]. With respect to the riverbank condition,
the duration of periods with no surface flow controls vegetation structure along the
“depleted” channel [29]. In the “depleted” reach, the surface flow is intermittent,
groundwater levels along the riverbank show strong declines, and these hydraulic
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conditions are less available to the riparian vegetation. Flow reductions are usually
associated with decreases in the riparian water table at higher elevations and losing
riparian vegetation due to drought stress [30,31]. Riverbank collapse occurs when
the driving forces exceed the resisting forces. Poor vegetation is widely believed
to weaken the resisting force, thus decreasing the stability of riverbanks [32]. The
interaction of both processes of vegetation loss and erosion acceleration leads to
degradation of riparian habitats and exerts impacts on the riverine ecology.

Comparisons of habitat conditions, in terms of physical and chemical variables
between reaches, demonstrate that the ROR scheme of the Aotou plant could exert
impacts on river habitats in the “depleted” reach and further downstream in terms
of three aspects: changing the hydrological regime through flow diversion and
return; degrading the riparian condition (poor vegetation and rich bank erosion)
in the “depleted” reach; and shifting levels of some water chemistry variables,
such as PH and DO. The results of the PCA showed that the key factors, such
as flow velocity, cobble composition, DO, and COD, were mainly responsible for
the variations obtained in the habitat conditions. The results show that no one
factor exerts a supreme influence on habitat conditions, whereas combinations and
interactions of these variables appear to fully account for the characteristic differences
between reaches.

4.2. Response of Macroinvertebrate Structure and Biodiversity to ROR Scheme

In total, 25 macroinvertebrate taxa were recorded from the nine sampling
sites during the survey. The dominance feature of Insecta group is similar to the
other studies conducted in the Hailang River [33,34]. Tangbin Huo [33] recorded
about 51 taxa throughout the whole river during August 2011 and found that
75.44% of them belonged to Insecta. Teng Fei [34] record 36 taxa in summer
2010 and Insecta accounted for 65.5% of the fauna. The mean density of total
macroinvertebrates in the “depleted” reach and lower reach were significantly
reduced compared with the upper reach. Total macroinvertebrates density in
the “depleted” reach was only 25% of the upper one, despite the increased
percentage in the lower reach, which was 43%. This decreasing trend was not
consistent with some previous studies concerning the impacts of water diversion and
artificially reduced flow regime on stream macroinvertebrates [35,36]. Their cases
revealed that the density of macroinvertebrates showed no significant decreases,
or even increases under reduced flow. However, the decreasing trend was found
in other studies. McIntosh & Benbow [37] found that the mean density of total
macroinvertebrates above the diversion was 46% greater than below the diversion,
while Cazaubon & Giudicelli [38] found macroinvertebrates in regulated sites had
lower densities and diversity compared with natural ones in the same district.
Similarly, some previous studies also found taxa richness reductions in low flow
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conditions. McKay & King [36] compared reaches above and below a diversion
and found a low family richness in the ‘diverted’ treatment reach. In this study, the
total taxa richness, EPT richness and dM were introduced to access the richness from
multiple perspectives. These indices also consistently suffered sharp reductions in
the “depleted” reach. Chemical variables were considered to make little contribution
to the EPT richness differences, because they varied within a limited range and
satisfied the same quality standard, given to measure the surface water quality of
China. The levels of total taxa richness, EPT richness and dM increased further in
the lower reach, but still remained at relatively lower levels compared the upper
reach. Comparisons of density and richness between reaches suggested that both
the density and richness (total taxa and EPT taxa) may change in response to the
flow variations resulting from the ROR scheme, and reduced flows were prone to
decrease both indices.

In general, losses of macroinvertebrate density and richness in the downstream
reaches appear to be attributed to two major causes. First, the physical barrier
represented by the weir may disturb the river connectivity and may restrict
macroinvertebrate drifts from the upstream reach to the downstream reach. This
physical isolation and restricted movement may contribute to the insufficient
recolonization of macroinvertebrates downstream of the weir and then bring about
poor density and richness. Second, intra-species and inter-species competitions are
likely to become more intense in the low-flow area due to the limited habitat area
and food resources [18,37,39]. Competition may influence the community structure
and combine the fauna into fewer species that dominant the confined area.

Additionally, the downstream reaches were always accompanied by low
macroinvertebrate diversity, which could be explained by the degradation of
habitat diversity. River habitat primarily depends on the channel morphology and
hydrological conditions and flow decreases can reduce habitat diversity. In the
“depleted” reach, extreme low-flow conditions facilitate the replacement of lotic
habitats with lentic ones, which is not suitable for the taxa preferring fast-flow
conditions. We assume poor habitat diversity to be a primary factor contributing to
the low richness and low diversity.

On the reach-scale, the macroinvertebrate community structure found in
the “depleted” reach was distinct from those in other reaches. Diptera was the
dominant group in the “depleted” reach mainly because of the contributions
of Chironomidae, which were wildly distributed and abundant. Other taxa with
low-flowing preferences (e.g., Oligochaeta and Coleoptera) also increased in relative
abundance in the “depleted” reach. However, the relative abundance of EPT taxa
associated with higher flow velocities and heterogeneous instream habitats, such as
Ephemeroptera and Trichoptera, decreased dramatically. The result clearly suggests
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that macroinvertebrate distribution and community structure are sensitive to flow
alterations, and heavily depend on habitat conditions.

In biomonitoring, the environmental quality of a given site is judged from its
species assemblages [40]. Further analyses of community composition alterations
between sites according to the functional feeding group were made. Functional
feeding group classification was helpful for ecological assessments about the river
habitat conditions and widely used in previous studies regarding the ecological
impacts of water diversion or river regulation [37,41].

A CCA of the physical-chemical habitat data with the macroinvertebrate data
based on the FFG abundance explained 81.4% of the total variance in the first
two canonical axes. The strong association of macroinvertebrate data with habitat
conditions suggests that habitat changes due to the ROR scheme could exert large
impacts on the distributions of major functional feeding groups of macroinvertebrates.
Partial correlations between habitat variables and functional feeding groups provide
a perspective to find the main factors that determine the distribution of the specific
group. Different functional feeding groups have different habitat preferences [42].
In upper sites, where flow velocity was the highest and the cobble composition and
DO were also higher, the collector-gatherer species and the scraper species were
most common. This result is consistent with previous studies [42,43]. For example,
Quinn [42] found that filter-feeding species had strong preferences for habitats
with high velocity and seston. As for scraper species, Heino [43] found that their
composition showed a strong positive relationship with the habitat heterogeneity
and water depth. In contrast, the relative abundance of both collector-gatherers and
the scrapers reduced at the “depleted” sites, particularly at the site immediately
downstream of the weir. Although these reductions were predictable and similar
to a previous study [44], predators at these sites were prone to be the dominant
group. Due to extremely low density and diversity at these sites, the predators’
dominance could not be attributed to either the adaptation ability of some predatory
taxa (e.g., Chironomidae) or the high competition advantages, due to uncertainty. In
the lower reach, the habitat diversity tended to be higher with flow increase, and
the compositions of FFG, particularly collector-gatherers and scrapers, tended to be
similar to the upper reach. This trend suggests the functional feeding group structure
and composition downstream of the diversion reach were resilient to flow alterations.
Another feature found in the lower reach was the relatively higher proportion of
collector-gatherers, which was positively associated with the sand composition. This
may be partially explained by the study of Likens [45], who studied the invertebrate
community composition in sand or silt habitats and found that collector-gatherers
(e.g., Chironomids) were the primary residents in sand habitats. In general, DO,
velocity and substrate compositions seem to be the key factors that are positively
correlated with FFG groups.
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The habitat preferences of macroinvertebrates depend on the balance of various
requirements of macroinvertebrates, including the lentic or lotic area preferences,
food resources, thermal condition, oxygen acquisition of maintaining position, water
quality, substrate and biotic interactions [19,42,46–49]. The ROR scheme changed
the natural flow regime and river connectivity through a weir and flow-diversion
channel, resulting in distinct habitat conditions between reaches, with particularly
low habitat diversity and poor habitat quality in the “depleted” reach.

The changes in the habitat conditions exerted pronounced effects on
macroinvertebrate density, richness, diversity and composition structure. The
comparisons between reaches can provide insight in order to assess the ecological
impacts of the ROR scheme. This study also clearly indicates that macroinvertebrate
distribution and community structure are largely affected by habitat variables; thus,
they can fulfill a role as indicators for habitat conditions. A series of new ROR plants will
be constructed in the near future. The cumulative impacts of hydroelectric development
and longitudinal habitat fragmentations on macroinvertebrate communities along the
regulated river should be considered in future studies.
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Effects of Land Use Types on Community
Structure Patterns of Benthic
Macroinvertebrates in Streams of Urban
Areas in the South of the Korea Peninsula
Dong-Hwan Kim, Tae-Soo Chon, Gyu-Suk Kwak, Sang-Bin Lee and
Young-Seuk Park

Abstract: Benthic macroinvertebrates were collected from streams located in an urban
area from regions featuring different environmental conditions. Physicochemical
variables and land use types pertaining to sampling sites were analyzed concurrently.
Multivariate analyses (cluster analysis and non-metric multidimensional scaling) and
rank-abundance diagrams were used to characterize community patterns to assess
ecological integrity in response to environmental conditions. Species composition
patterns were mainly influenced by both the gradient of physicochemical variables
(e.g., altitude, slope, conductivity) and the proportion of forest area. Community
structure patterns were further correlated to the proportion of urbanization and
to biological indices (e.g., diversity, number of species). Land use preferences of
benthic species were identified based on the indicator values and weighted averaging
regression models. Plecoptera species were representative of undisturbed streams
in forest areas, whereas Tubificidae species and filtering collector caddis flies were
indicator taxa in severely polluted and agricultural areas, respectively. The analyses
of community structures and indicator species effectively characterized community
properties and ecological integrity following natural and anthropogenic variability
in urban stream ecosystems.

Reprinted from Water. Cite as: Kim, D.-H.; Chon, T.-S.; Kwak, G.-S.; Lee, S.-B.;
Park, Y.-S. Effects of Land Use Types on Community Structure Patterns of Benthic
Macroinvertebrates in Streams of Urban Areas in the South of the Korea Peninsula.
Water 2016, 8, 187.

1. Introduction

Due to unprecedented industrial development and human aggregation,
ecosystems have been severely damaged and destabilized both locally and globally.
Urbanization causes rapid changes in land use via expansion of commercial/
residential/industrial areas along with decimation of forests and natural areas [1].
The anthropogenic impact of urbanization upon aquatic ecosystems is critical,
considering the importance of resource usage and the diffusion of pollutants to
the surrounding environment [2,3]. Ecological degradation of stream drainage was
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especially affected by urbanization, causing the so-called ‘urban stream syndrome’ [3].
The symptoms of the urban stream syndrome have been broadly characterized
in various fields, including physicochemical and ecological processes such as
hydrology [3,4], biodiversity conservation [5–7], and ecosystem processes [8,9].

The conversion of natural areas (e.g., forest) to urban or agricultural areas
severely affects both in-stream habitat and macroinvertebrate communities in various
ways [10,11]. Both the abundance and the distribution of aquatic organisms are
strongly influenced by land use [12,13]. Benthic macroinvertebrates adapt to the
environmental changes caused by various anthropogenic impacts, resulting in an
increase of tolerant species in the community. Therefore, community composition
serves as a good predictor of habitat quality and biotic integrity [14,15]. During the
last decade, studies demonstrated that a change in land use was one of the main
driving forces behind the loss of regional biodiversity [11,16].

Community data are difficult to analyze because communities consist of
numerous species varying in a complex and stochastic manner in response to
environmental factors. Computational methods have been developed to analyze
community data efficiently; these include predictive models [17], multivariate
statistical methods [18], statistical learning models [19,20], and species abundance
models [21]. Many studies have performed multivariate analyses on freshwater
benthic community data to assess water quality [18,22], spatial and temporal
dynamics [23,24], trait patterns [25], and community response to disturbance [18,26].
A rank abundance diagram (RAD), a type of species abundance model, has been
applied to community data to elucidate alterations in community structure resulting
from environmental change [27]. Several studies using RADs have been applied to
various taxa, including freshwater macroinvertebrates [26,28].

In this study, we extended the results of previous studies [21,28] to further
investigate the changes in macroinvertebrate community patterns in response
to urbanization in the southeast part of the Korean Peninsula. Specifically, we
presented the environmental and biological characteristics, and examined the
effects of anthropogenic disturbance on benthic macroinvertebrate communities
by concurrently measuring hydrological/physical/chemical factors and land use
types in various streams located in the Busan metropolitan area.

2. Materials and Methods

2.1. Field Sampling

Benthic macroinvertebrates were collected at 46 sampling sites in the Busan
metropolitan area, located in the southeast part of the Korean Peninsula (Figure 1a).
The geography of the Busan metropolitan area is covered in mountainous regions
(47%), and the southeast part of Korea features a temperate climate with high rainfall
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in July because of the East Asian Monsoon. Sampling was carried out twice, namely,
in late summer (August) and in winter (November–December), in 2013 and 2014.
Sampling sites were chosen across various altitudes (1–315 m) and for different land
use types. Among the 46 sampling sites, 10 were located on four tributaries of the
Nakdong River, which flows through the Busan metropolitan area, and is the longest
river in South Korea. Twenty-one sampling sites were located in the Suyeong River
of mid-eastern Busan, and 15 sites were located on short streams flowing directly
into the East Sea (Figure 1). The overall environmental conditions of each sampling
site are shown in Appendix.

We collected macroinvertebrate samples in triplicate from a riffle habitat within
10 m reaches using a Surber sampler (30 ˆ 30 cm2, 500 µm mesh). Ten environmental
variables, including geological, landscape, hydrological, and physicochemical factors,
were measured concurrently (Appendix). Water quality parameters, including
electrical conductivity (YSI 30, Yellow Springs Instruments, Yellow Springs, OH, USA)
and dissolved oxygen (DO) (YSI 550A, Yellow Springs Instruments, Yellow Springs,
OH, USA), were measured in situ, along with hydrological variables such as velocity
(Swoffer 2100 LX, Swoffer Instruments, Seattle, WA, USA), depth, and substrata.
Hydrological variables were measured for each replicate. Substrates collected by
the Surber sampler were classified in five categories according to Jowett et al. [29];
a substrate index was calculated based on the substrate composition [30]. Topological
and geological variables, including altitude, slope, and land use types, were extracted
from a digital map obtained from the Korea Ministry of Environment using ArcGIS
version 9.3 (ESRI). Proportions (%) of land use types (specifically, forest, urban,
agriculture, grassland, wetland, and bare land) within a 1 km-long riparian zone
(100 m width) were calculated from the digital map. This riparian sub-corridor was
selected, because variation in land use is often greater at catchment scales than it is
at riparian scales [2,31].

Benthic macroinvertebrate specimens were mostly identified either to the
species level or to the lowest possible taxonomic level according to Han et al. [32],
Won et al. [33], and Yoon [34]. In addition, Merritt and Cummins [35], and
Brigham et al. [36] were used as ancillary literature. Chironomidae and Oligochaeta
were identified to the family or class level, owing to difficulty in identification.
A list of taxa identified in the study sites are given with their literature in the
Supplementary Material (Table S1).
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Figure 1. Location of sampling sites for each cluster with altitude (a); and land use
type (b).

2.2. Data Analysis

The community data pooled at each site were used in the analyses. The
Shannon diversity index, using a common logarithm [37], the dominance index [38],
and Ephemeroptera, Plecoptera, and Trichoptera (EPT) richness, were calculated
at each sampling site from the community data. Spearman rank correlation
coefficients were obtained to show associations between the biological indices and
the environmental variables.

Considering the complexity of the community data due to environmental
variability, we applied multivariate analysis and RAD to determine community
patterns. Before applying cluster analysis and nonmetric multidimensional scaling
(NMS), the community abundance data were log transformed with ln(x + 1) to reduce
the high variance caused by the exceptionally large number of individuals collected
at the sampling sites, and to fulfill the assumption of normality for statistical analyses.
The sampling sites were classified with a hierarchical cluster analysis, using Ward’s
linkage method with a Bray-Curtis distance measure, based on the similarity of
their species compositions. A Multi-response Permutation Procedure (MRPP) was
used to test whether or not there were statistically significant differences among
the clusters [39]. NMS was then applied to characterize the overall relationships
among communities in association with specific environmental factors. Cluster
analyses and NMS were performed using the PC-ORD software [40]. A Monte
Carlo test was implemented using both randomized data (one thousand runs) and
real data to estimate the significance of the output of the NMS [40]. Kruskal-Wallis
test and a multiple comparison test (Dunn’s post hoc test) were applied to identify
differences among clusters using the environmental variables and biological water
quality indices (p < 0.05).
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Slope lines of RADs were obtained to show community responsiveness to
environmental conditions [26,41,42]. The relative abundance of species (i) in relation
to the total abundance for all species in each sampling site was obtained and
rearranged according to rank (in order from highest to lowest proportion) to calculate
RAD slopes. The slope (S) was calculated with Equation (1):

S = ∆log (pi/n) (1)

where n is the number of species and pi is the relative abundance of species i according
to the rank. Diversity is maximized when the slope of the rank abundance curve
approaches zero (species having a greater chance of being evenly represented),
while slopes become increasingly negative when total diversity decreases [26].
For convenience of expression, we used the absolute value to present the slopes.
Therefore, larger values represented steeper rank abundance curves, thus showing a
tendency toward less diverse assemblages.

The indicator species analysis was conducted to define representative species in
different land use types. Indicator values (IndVal) for each species i in cluster k were
calculated based on Equation (2) [43,44]:

IndValki “

ˆ

Nindividualski
Nindividuals`k

˙

ˆ

ˆ

Nsiteski
Nsitesk`

˙

ˆ 100 (2)

where Nindividualski is the mean abundance of species i across the sites pertaining to
cluster k and Nindividuals+k is the sum of the mean abundances of species i within
the various clusters. Nsiteskj is the number of sites in cluster k where species i
is present and Nsitesk+ is the total number of sites in that cluster. IndVal ranges
from 0 (no indication) to 100 (perfect indication). A Monte Carlo method using
300 permutation runs was also implemented to evaluate the statistical significance
of IndVal.

Weighted averaging regression models (WARMs) were applied to quantify the
preference of each indicator species for each land use type [44,45]. The optimal
preference value of the species was calculated as the mean of the measured land use
proportion weighted by the abundance of this species at the study sites, according to
Equation (3) [46]:

WAi “

řn
j“1 yj ˆ xij
řn

j“1 xij
(3)

where WAi is the weighted average (estimate of optimum preference of species i) of
each land use type, yj is the proportion of each land use type at site j, and xij is the
abundance of species i at site j.
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The tolerant condition (TOLi) of each land use type for species i was calculated
as the weighted standard deviation of the species abundance at all sites according to
Equation (4) [46]:

TOLi “

g

f

f

e

řn
j“1 pyj ´WAiq

2
ˆ xij

řn
j“1 xij

(4)

WARMs were performed using the C2 program environment [47]. The coefficients
of determination (R2) were used to estimate the precision of WARMs. Model errors
were estimated by bootstrapping with 1000 cycles [48]. If the regression coefficients
estimated by the bootstrapping model, and by the original model, were similar
(about 80%), then the results of WARMs could be used [45].

3. Results

3.1. Community Composition

A total of 136 taxa were identified to the species or genus level, except for the
family Chironomidae and class Oligochaeta, with an average of 22.2 (˘10.5) taxa,
and an average density of 1386.7 individuals/m2 (˘1380.7) at each site. Twenty-six
non-insecta species (19%) were collected, including Physa acuta, Asellus sp., and
Semisulcospira libertina. Three species (Baetis fuscatus, Hydropsyche kozhantschikovi, and
Physa acuta), and the species of family Chironomidae and class Oligochaeta were
widely distributed, and showed a high frequency of occurrence (>70%) in the study
sites. The Ephemeroptera species, Baetis fuscatus and Baetiella tuberculata, as well as
the Trichoptera species Hydropsyche kozhantschikovi were the most abundant. More
than half of the species had a low frequency of occurrence (<10%), and ten singletons
(7%) were collected, including four Trichoptera species. The values of community
indices, including the number of species and diversity, were higher for the sampling
sites at mountain streams than in the other areas. Biological indices varied according
to disturbance effects (e.g., high values of conductivity and proportion of urban land
use) of sampling sites.

3.2. Relationships between Variables

Altitude and slope had strong negative correlations with electrical conductivity
(r = ´0.69 and ´0.52 respectively; p < 0.01), but positive correlations with SI (r = 0.61,
p < 0.01 and r = 0.31, p < 0.05, respectively) (Table 1). Low altitude and slope indicated
the strong anthropogenic impacts. Conductivity, representing the anthropogenic
impact, was negatively correlated with SI (r = ´0.57; p < 0.01) and velocity (r = ´0.50;
p < 0.01). The proportion of forest area in the riparian zone was positively correlated
with the variables related to the mountain streams (altitude: r = 0.70, slope:
r = 0.71 with p < 0.01). The overall proportion of urban area had a negative correlation
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with natural environmental factors, including altitude (r = ´0.62; p < 0.01) and slope
(r = ´0.59; p < 0.05), but it was positively correlated with anthropogenic factors, such
as conductivity (r = 0.58; p < 0.01).

Conductivity, however, was consistently and strongly negatively correlated
with most biological indices (p < 0.01), including the number of species (r = ´0.65),
diversity (r = ´0.56), dominance (r = ´0.52), and EPT% (r = ´0.78). Depth and
conductivity were similarly correlated with the biological indices. SI and velocity,
however, were negatively correlated with depth. The proportion of forest area was
strongly correlated with EPT% (r = 0.52; p < 0.01). Negative correlations between
urban and biological indices were detected in all cases except for the dominance
index. No strong correlation was observed between agricultural land use and the
biological variables (Table 1).

3.3. Community Classification

The communities were classified into four clusters based on Bray-Curtis
dissimilarities in the dendrograms of hierarchical cluster analysis (MRPP, A = 0.42,
p < 0.01) (Figures 1 and 2). The classification reflected community similarities as
well as environmental gradients. Altitude, slope, and DO were considerably higher
in cluster 1, indicating that communities in this cluster were mainly collected from
mountain streams in forest-dominant areas (Table 2). In contrast, communities in
cluster 4 were from lowland areas with urban environments, having low values for
altitude, slope, and DO.
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Figure 2. Classification of sampling sites with densities of benthic macroinvertebrates through a 
hierarchical cluster analysis, using the Ward linkage method with Bray-Curtis distance. 

  

Figure 2. Classification of sampling sites with densities of benthic macroinvertebrates
through a hierarchical cluster analysis, using the Ward linkage method with
Bray-Curtis distance.
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Table 2. Differences in parameters (mean ˘ standard error) for different clusters
defined by clustering analysis.

Variables
Clusters p *

1 2 3 4

Physicochemical
variables

Altitude (m) 131.8 (˘21.8) c ** 60.8 (˘9.6) b 91.0 (˘32.2) b 7.2 (˘2.2) a <0.001
Slope (%) 8.7 (˘2.0) c 3.3 (˘0.6) b 3.2 (˘0.9) b 0.1 (˘0.1) a <0.001

DO (mg/L) 9.2 (˘0.4) b 8.6 (˘0.3) ab 8.6 (˘0.2) ab 7.8 (˘0.3) a 0.048
Conductivity

(µs/cm) 105.7 (˘12.8) a 254.0 (˘28.0) b 292.1 (˘27.5) bc 455.8 (˘43.0) c <0.001

Substrate index 5.8 (˘0.1) b 5.9 (˘0.1) b 5.5 (˘0.2) b 4.6 (˘0.1) a 0.001
Depth (cm) 16.8 (˘1.2) a 14.7 (˘1.3) a 19.6 (˘4.2) a 30.4 (˘2.1) b 0.003

Velocity (cm/s) 22.5 (˘2.5) b 25.0 (˘3.2) b 17.7 (˘3.7) b 2.9 (˘0.7) a 0.001

Land use
types

Forest (%) 85.4 (˘4.6) c 51.8 (˘7.9) b 37.7 (˘9.6) ab 11.6 (˘6.4) a <0.001
Urban (%) 4.4 (˘2.6) a 3.9 (˘1.4) a 19.5 (˘6.7) ab 40.9 (˘8.9) b 0.001

Agriculture (%) 2.7 (˘1.5) a 31.0 (˘6.0) b 20.1 (˘7.4) ab 7.0 (˘6.0) a 0.001

Biological
indices

Number of taxa 30.3 (˘2.0) c 25.6 (˘1.9) c 17.2 (˘1.8) b 4.8 (˘0.9) a <0.001
Density (indi./m2) 2155.4 (˘504.8) b 1455.9 (˘317.7) ab 964.0 (˘211.7) ab 311.4 (˘85.1) a 0.004

Diversity (H´) 2.0 (˘0.1) bc 2.3 (˘0.1) c 1.6 (˘0.1) b 0.6 (˘0.1) a <0.001
Dominance 59.2 (˘3.8) ab 46.7 (˘3.2) a 71.9 (˘4.4) b 97.1 (˘1.1) c <0.001

EPT% 66.6 (˘2.5) c 56.0 (˘3.0) bc 43.5 (˘4.7) b 14.9 (˘6.1) a <0.001

* p values indicate significant differences among clusters based on Kruskal-Wallis test. **
The different alphabets indicate significant difference according to the Dunn’s post hoc
multiple comparison tests.

The values of the environmental variables in clusters 2 and 3 fell in the middle
range between clusters 1 and 4. Conductivity was significantly lower in cluster 1
than in cluster 4. SI and the current velocity were also significantly higher in cluster
1 than in the other clusters, while depth was notably high in cluster 4. Clusters 2 and
3 predominated in the agricultural areas in riparian zones (Table 2). It is noteworthy
that diversity values in the highest range were observed in cluster 2 rather than
cluster 1. Overall, the samples in cluster 1 from the mountainous areas had the
highest values for the biological parameters including density, number of species and
EPT%, whereas, except for the dominance index, the lowest values for the biological
parameters were observed in cluster 4 (Table 2).

3.4. Community Ordination

For the NMS ordination, the sampling sites were distinguished based on
similarities in species composition of communities (Figure 3). The final stress
value obtained in the NMS ordination was 18.9 (two axes), which is an acceptable
stress value for ecological community data, since it falls within the range of 10–20.
A two-dimensional ordination explained 66.7% of the variance (R2 = 0.48 for axis 1,
R2 = 0.19 for axis 2), and the Monte Carlo test implied that the axes explained
significantly more variance than by chance alone (p = 0.01). The sampling sites in
cluster 1 were aggregated on the upper left part of map, whereas sampling sites in
cluster 4 were located on the bottom right part. Clusters 2 and 3 lay on the middle
part, between clusters 1 and 4, with cluster 2 to the left and cluster 3 to the right.
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The environmental factors had significant correlations with the NMS axes
(Figure 3). The main variability in the community data was observed along axis 1
in response to anthropogenic (urban area) and habitat factors. The environmental
factors including slope, conductivity, altitude, and the proportion of forest area were
related to the bottom and top positions along axis 2. The variability of axis 1 was
positively correlated with the proportion of urban area (r = 0.50; p < 0.05), depth
(r = 0.44; p < 0.05), and conductivity (r = 0.26; p < 0.05) on the right side with samples
in cluster 4, but was negatively correlated with the substrate index (r =´0.52; p < 0.05)
and the current velocity (r = ´0.42; p < 0.05) on the left side of NMS ordination. The
variability on axis 2 was lesser than that on axis 1, but it was positively correlated
with the slope (r = 0.69; p < 0.05), followed by the proportion of forest area (r = 0.61;
p < 0.05), altitude (r = 0.43, p < 0.05), and substrate size (r = 0.41; p < 0.05) on the
upper side with samples in cluster 1, and negatively correlated with conductivity
(r = ´0.72; p < 0.05) and the proportion of the urban area (r = ´0.44; p < 0.05) on
the lower side (Figure 3). The proportion of agricultural area alone had low level
negative correlation on axis 2 (r = 0.29; p < 0.05). It is notable that the substrate size
and the proportion of urban area had strong correlations along two NMS axes.
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3.5. Species Abundance Distribution

RADs were obtained as log abundance scales across different clusters (Figure 4),
and reflected community conditions pertaining to specific clusters. RADs have low
slope and long length, indicating even, highly diverse communities. All slopes
were fitted with linear models using higher values of R2 (average of 0.90 ˘ 0.07).
The slopes were similarly lower in the sampling sites of clusters 1 and 2, which
represented the less polluted streams. RADs at the polluted sites in cluster 3 had
relatively steeper slopes, with fewer species compared with the less polluted sites in
clusters 1 and 2 (Figures 4 and 5). Communities in cluster 4, representing severely
polluted sites, had steeper RAD curves and a minimal number of species. All slope
values ranged from ´0.12 (at YBV) to ´1.90 (at YPY). The absolute values of the
slopes in clusters 1 and 2, representing the less polluted sites, fell within the range of
0.12–0.32, whereas the values in cluster 3 were relatively higher (within the range of
0.20–1.00). The slopes in cluster 4 were significantly higher than those of clusters 1
and 2, ranging from 0.64–1.90.Water 2016, 8, x 10 of 18 

 

 
Figure 4. Rank abundance diagram (RAD) curves with mean and standard deviation (error bar) of 
each ranked species for three different clusters. 

3.6. Indicator Species Analysis 

Forty species were identified as indicators (p < 0.05) for four different clusters, according to the 
indicator species analysis (Figure 5). Among the indicator species, 22 were chosen in cluster 1 with 
an IndVal of 23.1–89.7, and 14 in cluster 2 with an IndVal of 34.5–71.5 (Figure 5). Meanwhile, three 
and one indicator species were identified in cluster 3 and cluster 4 (representing polluted streams), 
respectively. The Plecoptera species Nemoura KUa and Neoperla quadrata showed high indicator 
values for cluster 1. Ephemeroptera (Caenis nishinoae, Uracanthella rufa, and Ecdyonurus levis) and 
Tricoptera species (Hydroptila KUa, Cheumatopsyche KUa, and Hydropsyche kozhantschikovi) showed 
high IndVal (>50) in cluster 2. No aquatic insect was selected as indicator species in clusters 3 and 4. 
Tubificidae species were considered indicator species for cluster 4 that represented polluted sites 
(Figure 5). 

According to WARMs, the indicator species in each cluster displayed different preferences 
toward land use types and three environmental variables (slope, conductivity, and substrate index) 
based on regression coefficients (Figure 5). Regression coefficients between the inferred and the 
observed proportions of land use types and environmental variables were relatively high, and were 
similar with and without bootstrapping tests (Table 3). This observation indicated that the optimal 
variables for each species were estimated reliably by the WARMs. The indicator species in cluster 1 
showed a higher optimum preference in mountain forest areas with lower conductivity than in 
agricultural and urban areas with higher conductivity, ranging between 170–395 μs/cm. The indicator 
species, including Ecdyonurus kibunensis, Apatania KUa, and Tipula KUa, had high preferences in 
agricultural lowland areas with relatively high conductivity. Three species, Neoperla quadrata, 
Paraleptophlebia chocolata, and Baetis ursinus, had relatively high optimum preference in the urban 
areas of cluster 1. Although clusters 1 and 2 have similar RADs, their habitat preference scopes were 
substantially different (Figure 5). The proportion of forest area was generally lower in cluster 2 than 
in cluster 1, whereas that of agricultural area was higher in cluster 2. Species in cluster 1 preferred 
low conductivity and high slope, whereas the substrate preference was positive in clusters 1 and 2. 
Hydroptila KUa, Caenis nishinoae, Uracanthella rufa, and Eubrianax KUa showed high optimal 
preference values for the agriculture areas of cluster 2 (>40%). Hydropsyche kozhantschikovi and 
Hirudinidae species were well adapted to disturbed streams with high conductivity. In cluster 3, 
however, the preference was not much different from that of cluster 2, while the number of indicator 
species was substantially lower in cluster 3 than it was in cluster 2 (as stated above). In cluster 4, 
representing severe pollution, Oligochaeta species were exceptionally well adapted to urban areas 
with the highest conductivity and the lowest substrate size, showing a relatively high IndVal of 45.6 
(Figure 5). 
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3.6. Indicator Species Analysis

Forty species were identified as indicators (p < 0.05) for four different clusters,
according to the indicator species analysis (Figure 5). Among the indicator species,
22 were chosen in cluster 1 with an IndVal of 23.1–89.7, and 14 in cluster 2 with
an IndVal of 34.5–71.5 (Figure 5). Meanwhile, three and one indicator species were
identified in cluster 3 and cluster 4 (representing polluted streams), respectively. The
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Plecoptera species Nemoura KUa and Neoperla quadrata showed high indicator values
for cluster 1. Ephemeroptera (Caenis nishinoae, Uracanthella rufa, and Ecdyonurus
levis) and Tricoptera species (Hydroptila KUa, Cheumatopsyche KUa, and Hydropsyche
kozhantschikovi) showed high IndVal (>50) in cluster 2. No aquatic insect was selected
as indicator species in clusters 3 and 4. Tubificidae species were considered indicator
species for cluster 4 that represented polluted sites (Figure 5).
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Figure 5. Optimal and tolerance ranges of (a) land use types and (b) environmental
variables for the selected indicator species. Dot indicates the optimal value, and the
solid line indicates the tolerance value; * IndVal: indicator value, ** Occurring rate
is frequency of occurrence (% of sites).

According to WARMs, the indicator species in each cluster displayed different
preferences toward land use types and three environmental variables (slope,
conductivity, and substrate index) based on regression coefficients (Figure 5).
Regression coefficients between the inferred and the observed proportions of land
use types and environmental variables were relatively high, and were similar with
and without bootstrapping tests (Table 3). This observation indicated that the optimal
variables for each species were estimated reliably by the WARMs. The indicator
species in cluster 1 showed a higher optimum preference in mountain forest areas
with lower conductivity than in agricultural and urban areas with higher conductivity,
ranging between 170–395 µs/cm. The indicator species, including Ecdyonurus
kibunensis, Apatania KUa, and Tipula KUa, had high preferences in agricultural
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lowland areas with relatively high conductivity. Three species, Neoperla quadrata,
Paraleptophlebia chocolata, and Baetis ursinus, had relatively high optimum preference
in the urban areas of cluster 1. Although clusters 1 and 2 have similar RADs, their
habitat preference scopes were substantially different (Figure 5). The proportion
of forest area was generally lower in cluster 2 than in cluster 1, whereas that
of agricultural area was higher in cluster 2. Species in cluster 1 preferred low
conductivity and high slope, whereas the substrate preference was positive in
clusters 1 and 2. Hydroptila KUa, Caenis nishinoae, Uracanthella rufa, and Eubrianax
KUa showed high optimal preference values for the agriculture areas of cluster 2
(>40%). Hydropsyche kozhantschikovi and Hirudinidae species were well adapted to
disturbed streams with high conductivity. In cluster 3, however, the preference was
not much different from that of cluster 2, while the number of indicator species was
substantially lower in cluster 3 than it was in cluster 2 (as stated above). In cluster 4,
representing severe pollution, Oligochaeta species were exceptionally well adapted
to urban areas with the highest conductivity and the lowest substrate size, showing
a relatively high IndVal of 45.6 (Figure 5).

Table 3. Predictive power of weighted averaging regression models for land use
types and environmental variables.

Variables R2 * R2
boot RMSE ** RMSEboot

Forest (%) 0.56 0.44 31.3 35.6
Urban (%) 0.54 0.35 17.2 21.7

Agriculture (%) 0.46 0.28 24.2 28.0
Slope (%) 0.60 0.36 4.2 5.1

Conductivity (µs/cm) 0.64 0.58 103.5 117.2
Substrate index 0.61 0.36 0.4 0.6

* R2: regression coefficient between the inferred and measured values. ** RMSE: root
mean squared error.

4. Discussion

4.1. Community Patterns and Indicator Species

The applications of multivariate analysis, RADs, and indicator analysis
effectively accounted for the environmental impact of human activity on benthic
macroinvertebrates. Cluster analysis and NMS were useful to determine the changing
patterns of benthic species composition influenced by physicochemical gradients
and anthropogenic disturbance. Structural properties of communities described by
RAD slopes, however, were feasible for assessing disturbance due to urbanization,
and these results provided an additional dimension of biological responses in
characterizing environmental impacts for monitoring ecosystems [21,26]. Indicator
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species analysis using Indval and WARM determined the habitat preference and
tolerance range across an environmental gradient [45].

Differentiation patterns on multivariate analyses can be further explained
according to the properties of indicator species. Indicator species in each cluster
presented higher values of occurrence rates and densities at sites in the same cluster
than in other clusters. This indicated that indicator species with higher Indval play a
key role in the community differentiation by multivariate analysis. Habitat preference
range of indicator species based on WARM also provided additional information
for patterning communities responding to different environmental impacts. For
instance, the sampling sites belonging to clusters 1 and 2 were located on the left side
of NMS axis 1, and had similar RAD patterns. Clusters 1 and 2, however, were clearly
differentiated based upon habitat preferences. Species in cluster 2 had a relatively
high preference for agricultural areas with low conductivity, whereas species in
cluster 1 showed higher preferences for forest areas. It can be noted that community
composition and structure are determined by indicator species analysis.

Indicator values provide an additional dimension for addressing ecological
integrity in response to different environmental impacts. Community structure
patterns based on RADs also show the relations between biological responses and
environmental factors linked with NMS. Although numerous studies have reported
species abundance distribution, few were concerned with integrating community
structure, RADs, and indicative species.

Several species abundance distribution models have been proposed to identify
patterns in community structures, including log-normal distribution, log series based
on statistical models, and geometric series to show biological processes such as
niche subdivision [27,49]. Various parameters of these models (e.g., k values in the
geometric series, a and γ values in the log-normal distribution) have been used as
indicators for community structure [28,49,50]. In this study, we extended the scope of
RADs so that it would offer more information on community structure [21,27]. The
application of RAD slopes was supported by other studies that identified community
responsiveness to environmental variability [26,41,42]. This approach could also be
used for the health assessment of various ecosystems.

4.2. Influence of Land Use Types

Patterns of land use in riparian areas can influence the suitability of habitats for
stream communities, and change the distribution and abundance of species [51,52].
In this study, most environmental variables, except depth, showed statistically
significant correlations with forest and urban areas in the land use types (Table 1).
Differences in land use types influenced biological properties, including community
patterns (Figures 2 and 3 Table 2), indicator species (Figure 5) and environmental
properties (Table 1). The proportions of urban and forest areas, which had high
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correlations with the first and second axes on NMS, and relatively strong correlations
with RAD slopes, were considered as key factors in the maintenance of biodiversity
and community stability overall [26]. Similar observations were reported for
numerous streams and rivers [53,54], confirming that the pattern of land use is
a critical factor in the conservation of freshwater communities [11,55,56].

The land use type may affect biological trait patterns of benthic communities, such
as functional feeding groups. Some shredders, such as Plecoptera and Trichoptera
species in mountain streams, would be sensitive to organic pollution [57,58] and
could serve as bioindicators in undisturbed forest areas, whereas filter feeders, like
caddisflies and Tubificidae species (non-insect gatherers/collectors), may function
as indicators for agricultural areas and urban streams contaminated with organic
pollution, respectively [59]. Further studies are warranted to learn more about the
biological properties (e.g., traits) of benthic macroinvertebrate communities and their
adaptation to land use types.

4.3. Geological Features and the Management of Urban Streams

Conserving biodiversity is possible if ecosystem management planning is
conducted efficiently, even when the sample sites are located in the vicinity of
human settlements. In this study, sampling sites such as YOU, YGS, YJJ, YSB, CCM,
and CCD are located in the urban residential areas with apartment complexes and
high population densities. These sites, however, displayed high biodiversity and
biological indices, and were classified in cluster 1, which represents less polluted
streams (Figure 2, Table 2). This phenomenon was the result of an active urban
ecosystem management program initiated by the local government, such as the
Stream Health Evaluation project, Dong-Cheon Stream Restoration project, or similar
plans. These projects concentrated on the restoration and conservation of stream
habitats resulting in increased habitat diversity, removing artificial structures, or
reviving connectivity between streams and land [60].

However, some study sites were found to be polluted despite the fact that
they were located in relatively less polluted areas. The study sites in clusters
2 and 3, which have relatively low biodiversity and biological indices, are in
fact surrounded by mountains. This indicates that the areas were not properly
ecologically managed. Specifically, these areas were disturbed by organic pollution
due to excessive commercial development (DDK and DAU), sedimentation from
cemetery construction (YPU), disturbance by local residents (JAU), and organic
pollution due to agricultural land use (ZGU and TSD), etc. In the Busan region,
human settlements occur mostly near the streams since the mountains are dispersed
and there is little lowland area. Considering that there is a high risk of biological
organisms being exposed to various anthropogenic pollution sources in aquatic
ecosystems, these results demonstrate that urban ecosystem management plans
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should be carefully conducted to efficiently protect biodiversity and ecological
integrity [56,61].

5. Conclusions

We investigated the changes on benthic macroinvertebrate communities in
streams of urban areas. The changes of land use types in riparian zones due
to the urbanization influenced on the species composition as well as community
structure. RADs were effective for reflecting the overall degradation of community
structure due to urbanization, and indicator species analysis provided additional
information for identifying the gradient of habitat preference of species. These results
suitably presented the ecological state of streams in urban areas in a comprehensive
manner, including particular patterns such as the positive status of stream ecosystems
in urban residential areas due to ecosystem management, or negative status in
mountainous areas. These approaches would be suitable in assessing community
structure properties and species composition, enabling a comprehensive evaluation
of the ecological integrity of urban streams.

Supplementary Materials: The following are available online at http://www.mdpi.com/
2073-4441/8/5/187/s1, Table S1: A list of taxa identified in the study sites.
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Examining the Relationships between
Watershed Urban Land Use and Stream
Water Quality Using Linear and Generalized
Additive Models
Sun-Ah Hwang, Soon-Jin Hwang, Se-Rin Park and Sang-Woo Lee

Abstract: Although close relationships between the water quality of streams and the
types of land use within their watersheds have been well-documented in previous
studies, many aspects of these relationships remain unclear. We examined the
relationships between urban land use and water quality using data collected from
527 sample points in five major rivers in Korea—the Han, Geum, Nakdong, Younsan,
and Seomjin Rivers. Water quality data were derived from samples collected and
analyzed under the guidelines of the Korean National Aquatic Ecological Monitoring
Program, and land use was quantified using products provided by the Korean
Ministry of the Environment, which were used to create a Geographic Information
System. Linear models (LMs) and generalized additive models were developed to
describe the relationships between urban land use and stream water quality, including
biological oxygen demand (BOD), total nitrogen (TN), and total phosphorous (TP).
A comparison between LMs and non-linear models (in terms of R2 and Akaike’s
information criterion values) indicated that the general additive models had a better
fit and suggested a non-linear relationship between urban land use and water quality.
Non-linear models for BOD, TN, and TP showed that each parameter had a similar
relationship with urban land use, which had two breakpoints. The non-linear models
suggested that the relationships between urban land use and water quality could
be categorized into three regions, based on the proportion of urban land use. In
moderate urban land use conditions, negative impacts of urban land use on water
quality were observed, which confirmed the findings of previous studies. However,
the relationships were different in very low urbanization or very high urbanization
conditions. Our results could be used to develop strategies for more efficient stream
restoration and management, which would enhance water quality based on the degree
of urbanization in watersheds. In particular, land use management for enhancing
stream water quality might be more effective when urban land use is in the range
of 1.1%–31.5% of a watershed. If urban land use exceeds 31.5% in a watershed, a
more comprehensive approach would be required because water quality would not
respond as rapidly as expected.

Reprinted from Water. Cite as: Hwang, S.-A.; Hwang, S.-J.; Park, S.-R.; Lee, S.-W.
Examining the Relationships between Watershed Urban Land Use and Stream Water
Quality Using Linear and Generalized Additive Models. Water 2016, 8, 155.

248



1. Introduction

Land use can have direct impacts on hydrologic systems within a watershed [1–4].
The negative impacts of urban land use in watersheds on adjacent reservoirs, streams,
and rivers have been well-documented and are a key concern for restoration and
management. In general, previous studies have reported that watersheds with high
percentages of developed areas (e.g., urban areas and agricultural areas) tend to have
higher concentrations of water pollutants and nutrients [1–10]. Different types of
urban land use, including commercial, residential, and industrial development, have
significant impacts on water quality. The proportion of land use type in a watershed
has been shown to be closely associated with many water quality parameters in
various aquatic systems [2,4]. The usefulness of water quality indices as indicators of
water pollution has been verified for assessing spatial changes and for classifying
water quality. In many countries, chemical parameters, such as dissolved oxygen
(DO), pH, biochemical oxygen demand (BOD), chemical oxygen demand (COD),
total nitrogen (TN), and total phosphorous (TP), have served as the main criteria for
determining the condition of rivers and for managing aquatic ecosystem resources.
Environmental Policy Law (EPL) in Korea has also used various chemical criteria
(e.g., pH, BOD, COD, TOC, SS, DO, TP, etc.) to manage the water quality of rivers
and streams.

In previous studies, the most commonly used techniques to determine the
relationships between land uses in watersheds and water quality indicators were
correlation or regression analyses. These approaches assume linear relationships
between land uses in watersheds and water quality indicators, suggesting that the
degree of water quality variance is the same regardless of the degree of land use
intensity in watersheds. Recently, some studies have reported that the relationships
between urban land uses and the chemical, biological, and physical characteristics
of streams might not be linear [6,9,11–15]. It has been reported that the average
threshold of imperviousness at which water quality degradation first occurs is
10% [11,16]. Similarly, Coles et al. [12] reported that significant changes in aquatic
health were observed between low and moderate levels (0 to 35) of urbanization
intensity (0–100 scale, low to high urbanization intensity) in New England coastal
streams. In addition, they found a “threshold effect” in which the water quality
indicators no longer changed as the intensity of urbanization increased. More recently,
Crim [13] confirmed the presence of a threshold and suggested that it might be much
lower than 10% for an impervious surface. In his study, the concentrations of water
quality indicators increased considerably as the impervious surface in a watershed
increased from 0 to 4% in west-central Georgia, USA. Together with previous studies,
his results imply that even a small increase in the impervious surface in a watershed
might have significant impacts on the chemical characteristics of water and the
biota of streams. This nonlinearity may be derived from the random nature of the
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hydrodynamic conditions of river systems, meteorological processes, and a shortage
of available monitoring data [15,17,18]. It is also noteworthy that there was only
one breakpoint (i.e., threshold) in the relationships between land uses and water
quality indicators, regardless of the different thresholds reported in previous studies.
The presence of a threshold and non-linear relationships between land use and
water quality increases the uncertainty and the degree of complexity in water quality
management and land use planning for decision makers and policy makers when
attempting to enhance water quality and minimize the adverse impacts of various
land uses [19].

Despite the possible presence of a non-linear relationship between water quality
and land uses, linear correlation and regression analyses have been broadly used to
investigate such relationships in various fields of study, including water chemistry,
ecology, and hydrology. It is very clear that linear correlation and regression are
useful techniques when quantifying the magnitude, direction, and significance of
the relationships between land use variables (i.e., impervious areas, developed areas,
agricultural areas, etc.) and water quality in a number of previous studies [1–4,20].
Despite the various benefits, conventional linear-type approaches may not accurately
represent the true nature of the relationships between land uses and water quality [6,9,21].
In addition, this may lead to a misunderstanding by stream managers, land use
planners, and decision makers about the impact of different land uses on water
quality, particularly during the stages of development with small and large extents
of urbanization.

To avoid nonlinearity issues when dealing with the relationships between land
uses and water quality, several approaches have been proposed, including stochastic,
fuzzy, and interval mathematical programs [19,22–26]. One popular method is
to transform the data when making non-linear models linear in the analyses of
the relationships between urban land use and river water quality [22], and when
determining interval parameters in non-linear optimization models of stream water
quality management [15]. However, it is very clear that the presence and shape
of the non-linearity in the relationships should be examined prior to applying
these methods.

Our first goal was to test for the presence of non-linear relationships between
urban land use and water quality indicators in streams in Korea. To test for the
presence of non-linearity, this study compared the ability of linear and non-linear
models to explain the variance in water quality indicators when responding to the
degree of urbanization in watersheds. We hypothesized that a non-linear model
would explain the variance in water quality parameters in response to the degree
of urbanization better than would a linear model (LM), if the relationships between
urban land use and water quality indicators were non-linear. Otherwise, a LM would
outperform a non-linear model.
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Second, this study also investigated the number of breakpoints in the
relationships when non-linear relationships were present. Previous studies have
reported that there is either one breakpoint (i.e., threshold) or no breakpoint (i.e., linear
regression or correlation) in the relationship. However, if the relationships between
land uses in watersheds and water quality indicators are sufficiently complex, more
than one breakpoint can exist in the relationships. Thus, the number of breakpoints
can represent the complexity of the relationships. If there is only one breakpoint
(i.e., threshold), we need to consider only two intervals, including areas with a small
and large extent of urbanization in stream management processes. We believe that
the presence of non-linearity and the number of breakpoints can provide useful
insights into land use planning and stream management. Land managers, planners,
stream managers, and policy makers can apply different strategies for different levels
of urbanization to enhance the water quality and to minimize the adverse impacts of
urban land uses on streams.

We adopted generalized additive models (GAMs) for investigation in this
study. GAMs have been shown to be very flexible, providing an excellent fit for
non-linear relationships and for datasets with significant noise among the predictor
variables [22]. This model is a generalization of multiple regressions, in which
the additive nature of the model is maintained, but the simple lines of the linear
regression are replaced by nonparametric functional curves with multiple parameters.
Compared with an LM, GAMs are data-driven rather than model-driven, and GAMs
allow determination of the shape of the response curves from the data instead
of fitting an a priori parametric model, which is limited in its available shape of
response [27]. GAMs have been widely used in various fields, such as species
distribution [28–33], plant ecology [34–36], and water quality dynamics [21,37,38].
For example, Murase et al. [29] applied GAMs to fishery-survey data to reveal the
influences of environmental factors, including surface water temperature, salinity,
chlorophyll, near-seabed water temperature, salinity, and depth, on the distribution
patterns of Japanese anchovy, sand lance, and krill. The results of their study showed
a non-linear response of fishes to environmental factors. Richard et al. [21] applied
GAMs to explore the functional relationships between four water quality indicators
(TN, TP, ammonia, nitrate) and environmental factors, such as catchment inflow,
wind speed, and tidal current in the Broadwater Estuary in the Gold Coast region
of Australia, using short-term monitoring data. Based on a GAM assessment, they
reported that nutrient concentrations within a subtropical estuary were non-linear
for various environmental factors and were most dependent on catchment inflow.
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2. Materials and Methods

2.1. Study Streams and Sampling Sites

South Korea is located between 127˝301 E and 37˝001 N and occupies an area of
about 100,032 km2, covering almost the entire southern half of the Korean Peninsula
(Figure 1). Approximately two-thirds of the annual precipitation (1388.7 mm) is
concentrated in the summer (June through September). Thus, seasonal precipitation
and water flow levels fluctuate widely, and stream flow generally diminishes during
drought periods, which are characteristic of winter and early spring. The annual
average temperature for 2006–2010 was 12.8 ˝C, with monthly averages ranging from
a low of ´12.8 ˝C in January to a high of 29.32 ˝C in August.
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Five major rivers (i.e., the Han, Geum, Nakdong, Youngsan, and Seomjin Rivers)
and their independent tributaries and small streams are distributed throughout
the country. The Youngsan and Seomjin Rivers are usually treated as one river
system (Youngsan–Seomjin River) because their watersheds are located close to one
another. Among the five major rivers, the Han River has the largest basin, occupying
approximately a quarter of the country. The east side of the country is mountainous,
with watersheds that are less disturbed and are covered by dense pine, oak, and
mixed forest. In the eastern mountainous areas, most streams are small, flow down
steep slopes, and run directly into the East Sea. Most river systems and streams in the
western and southwestern areas flow toward the Yellow Sea. Seasonal fluctuations in
water levels in the small streams in the eastern areas are particularly extreme because
of the steep slopes and low groundwater levels. The headstreams of the five major
rivers are located in similar areas in the central part of the eastern mountains.

2.2. Water Quality Variables

As part of the National Aquatic Ecological Monitoring Program (NAEMP),
South Korea’s Ministry of the Environment (MOE) has monitored numerous aspects
of streams and rivers using biochemical, physical, and biological indicators at
720 long-term monitoring sites in tributaries and the main stem of five rivers across
the country. The assessment criteria and sampling protocol used by the NAEMP were
developed in a preliminary study from 2003 to 2006, and a geographic information
system (GIS) database for the locations of all sampling sites was also constructed
in the study. The first nationwide monitoring under this protocol started in 2007 at
720 preselected sampling sites. According to the NAEMP protocol, all field survey
teams consisted of staff from five universities who had to complete the field survey
and water sampling within a month, twice a year. Water samples used for the
determination of BOD, TN, TP, and other water quality variables were collected
in prewashed 2` bottles. All water samples collected from the five river systems
by staff from the five universities were transported in a cooler and analyzed in
a commercial laboratory (Chungmyung Environmental Co. Ltd., Seoul, Korea).
Laboratory measurements were conducted to determine BOD, TN, and TP following
Standard methods [39]. BOD was determined by the difference of dissolved oxygen
concentration after a five-day incubation. TP was measured in the unfiltered water
by ascorbic acid method after persulfate oxidation. TN was determined by UV
spectrophotometric method after potassium sulfate digestion.

Five major river systems that included 527 of the 720 NAEMP sampling sites
in 2007 were investigated in this study. We excluded data sampled from sites in
islands and estuary areas. We found that some sites only had data during the spring
or no data during the fall due to the streams drying up. We excluded these data from
our dataset for analysis. We also excluded data sampled from small independent
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streams running directly into the sea rather than into one of the five major river
systems. These streams were mostly located in the eastern mountainous areas and
were characterized by a very short length, high flow rate, and low water temperature.

In this study, we focused on the common water quality indicators, including
BOD, TN, and TP, monitored in 2007 under the NAEMP. The reason for the use
of a sampling dataset collected in 2007 was to match it with the year of the Land
Use/Land Cover (LULC) GIS map released by the Ministry of Environment (MOE),
Korea. The MOE releases the LULC digital map irregularly, and they released the
2007 LULC digital map in 2009.

BOD is a measure of the amount of dissolved oxygen required by aerobic
biological organisms in a body of water to break down organic material, where
higher values indicate poorer water conditions and higher pollution levels. TN
is a measure of the mixture of organic, ammoniac, nitrite, and nitric nitrogen,
which contribute to the eutrophication of a water body. Nitrogen oxidizes into
NO3 when discharged into streams or lakes and consumes dissolved oxygen, acting
like organic matter. The rapid and high rate of consummation of dissolved oxygen
degrades aquatic habitats. Representing the total quantity of phosphorus compounds,
TP is also used as an index of eutrophication in streams and lakes. Phosphorus,
together with nitrogen, is known as a nutritive salt that can cause eutrophication
and red tides. Phosphorus acts as a limiting factor in algae growth in water systems.
Consequently, the internal concentration of TP in a water body is a crucial element in
controlling algae growth [40]. TP is discharged as organic phosphorus and PO4–P,
with organic phosphorus being a component of agricultural fertilizer that can be
toxic in water bodies.

2.3. Measuring the Proportion of Urban Land Use

To calculate the proportions of each type of land use at each sampling site, we
used the digital land use and land cover (LULC) map from the Korean MOE. The
LULC map is a representation of the land surface based on satellite imagery and
data from photographic analyses, and it has been widely used for environmental
management. According to the MOE classification, land use types were divided into
seven major categories and 23 subcategories. The seven main LULC categories were
the following: (1) urban areas; (2) agricultural areas; (3) paddy areas; (4) forested
areas; (5) grassland; (6) wetland; and (7) bare soils. In this study, urban land use
includes residential areas, commercial areas, roads, and industrial areas.

Water contamination in a stream is highly dependent on storm water runoff
in the surrounding drainage areas. It is likely that land uses in drainage areas that
are in close proximity to the streams are more likely to have stronger influences on
the chemical and biological conditions of streams than are those farther away. Thus,
we focused on the land uses in sub-drainage areas adjacent to the sampling site.
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Another reason for using these sub-drainage areas was the policy issue of riparian
land management. The MOE has prioritized the management of riparian areas as
an urgent policy area and managing the entire watershed of a stream is a long-term
policy in their stream and watershed management strategies. At the same time,
some streams have more than one sampling site. Thus, using a watershed could be
problematic, because water quality indicators could vary while land uses are the
same within the watershed.
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Figure 2. An example of a sub-drainage area used to measure the proportion
of urban land use in an area adjacent to a monitoring site. Sub-drainage areas
were delineated using a geographical information system (GIS) with a digital
elevation map.

To capture the proportion of each type of land use, we used sub-drainage
areas from the sampling site rather than the entire watershed area of the stream
because small drainage areas can reveal the effects of land use on adjacent streams
more clearly. We delineated the drainage areas from the locations of sampling sites
using a GIS and digital elevation model (50 m resolution), and these small drainage
boundaries were overlaid on the LULC map (Figure 2). The NAEMP monitoring
protocol allows field surveyors of each monitoring area to select the best sampling
point within a 50 m radius of the sampling site. Figure 2 shows representative
locations from all sampling areas (i.e., water quality, biological indicators, and
riparian habitats), rather than the exact location of each sampling site. Despite
the protocol recommendation that all areas use the same sampling site, there is the
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possibility that each sampling area can have a different sampling location within
a 100m radius from a sampling site. In delineating the sub-drainage area for each
sampling site, we tried to draw the boundary slightly upward from the sampling
site. Thus, the location of the sampling site within the sub-drainage boundary used
in this study is slightly upstream (approximately <200-m) from the outlet point of
each sub-drainage boundary.

2.4. Data Distributions and Transformation

Water quality data are often bounded at zero and highly skewed, containing
infrequent points at high values. This skewedness in the data is not surprising
given that many water quality indices are strongly related to stream flow, which is
typically modeled as a lognormal or other highly skewed distribution. Thus, data for
groundwater quality are typically log-transformed prior to statistical analysis [41].
A preliminary analysis indicated that the proportion of urban land use and all water
quality indicators in the study areas were considerably skewed, and thus all data
used in the study were log-transformed before the analysis.

2.5. Linear Models (LMs) and Generalized Additive Models (GAMs)

In this study, the LM and GAM were analyzed using the statistical software
R (R Core Development Team). To compare models, we used the coefficient of
determination (R2) and Akaike’s information criterion (AICc). The AICc was derived
from information theory, which differs from statistical hypothesis testing. The
AICc method can be used to determine the relative likelihood that two (or more)
models can explain the data. This method can show whether one model fits the data
significantly better than another, allowing the user to reject unlikely models. The
larger the AICc value for a model, the less probable it is.

3. Results

3.1. Descriptive Statistics

The mean area of small zones was 130.08, and the mean proportion of urban
land use was 8.74%, with a maximum of 75.42% within the sub-drainage areas.
Urbanization values were relatively normally distributed around the mean value,
but the proportion of urban land use was high in some particular sites. The mean
values for BOD, TN, and TP were 2.09 mg/L, 2.52 mg/L, and 0.13 mg/L, respectively,
in the study areas (Table 1). According to the criteria of the Korean MOE, these values
were categorized as level II (moderately good), VI (extremely poor), and III (normal)
for BOD, TN, and TP, respectively. These results show that water quality was good
based on BOD, but poor based on TN and TP levels. The descriptive statistics and
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box plots for the water quality indicators suggest that the physiochemical properties
of the five rivers varied greatly from site to site.

Table 1. Descriptive statistics for water quality indices and the proportions of urban
land use. A large variation in the variables was observed in the study areas.

Variables Min. Max. Mean Std. D.

Watershed Small Zone (ha) 7.46 573.79 130.08 71.41

Land Use Urban Land Use (%) 0.38 75.42 8.74 0.097

Water quality
BOD (mg¨ L´1) 0.0 18.7 2.09 1.64
TN (mg¨ L´1) 0.3 29.0 2.52 2.31
TP (mg¨ L´1) 0.1 1.75 0.13 0.19

Note: n = 527.

3.2. Relationships between Urban Land Use and Water Quality Indices

A correlation analysis was conducted to examine the relationships among water
quality variables and the proportion of urban land use (Table 2). The results indicated
that the proportion of urban land use values were significantly correlated with all
water quality variables, including BOD (r = 0.419), TN (r = 0.445), and TP (r = 0.438).
The results also suggested a strong correlation among water quality indicators. For
example, BOD was correlated with TN (r = 0.592) and TP (r = 0.459). TN was also
strongly correlated with TP (r = 0.613). These results indicated that higher proportions
of urban land use were associated with higher concentrations of BOD, TN, and TP in
streams. Overall, the correlation analysis revealed close relationships between urban
land use types with extensive human activities and poor water quality.

Table 2. Pearson-correlations between the proportion of urban land use and water
quality indicators. All variables used in the study displayed strong correlations
with each other.

Variables TN TP Urban

BOD 0.59 ** 0.46 ** 0.42 **
TN 1 0.48 ** 0.45 **
TP 1 0.44 **

Urban
land use 1

Notes: n = 527. * p < 0.05, ** p < 0.01.
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3.3. The Linear and Non-Linear Models

3.2.1. Linear Models (LMs)

The proportion of urban areas within a sub-drainage area was regressed against
BOD, TN, and TP (Table 3). In the LMs, the variables for urban land use significantly
explained the variance in all water quality indices(Table 3). Based on the linear
models, the relationship with the percentage of urban land use explained 18% of the
variation in BOD and 20% of the variation in both TN and TP (p < 0.01). In these
models, urban land use negatively affected all water quality indices, including BOD
(b = 0.33, β = 0.42), TN (b = 0.29, β = 0.45), and TP (b = 0.45, β = 0.44).To compare
the goodness-of-fit between LMs and GAMs, the AICc values of linear models were
calculated for BOD (288.32), TN (69.88), and TP (561.72).

Table 3. Outputs from linear models of the relationships between the proportion
of urban land use and water quality indicators. All water quality variables were
strongly influenced by the proportion of urban land use.

Variable and
Criteria

BOD TN TP

b β b β b β

Urban land use 0.33 0.42 0.29 0.45 0.45 0.44
F 111.59 ** 129.47 ** 124.82 **

R2 0.18 0.2 0.2
AICc 288.32 69.88 561.72

Notes: n = 527. * p < 0.05, ** p < 0.01.

3.2.2. Generalized Additive Models (GAMs)

Statistical link function selection for assessing non-linear models was conducted
according to the lower AICc and deviance values (goodness of fit) in Table 4. For
BOD, there was no difference in the deviances of the identity function (50.31) and log
function (50.31), but the identity function had a lower AICc value (273.69). For TN,
the values of the AICc of the identity function (43.85) and inverse function (43.95)
were almost identical, but the identity function had a lower deviance value (32.64).
Similarly, the deviance values of the identity function and log function were the same
(82.81), but the identity function had a lower AICc value (537.82). The comparison
of AICc and deviance values among link functions indicated that the use of identity
functions was appropriate to fit the models.
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Table 4. AICc and deviance values for BOD, TN, and TP used to select the statistical
function for assessing GAMs. The identity function had the lowest AICc and
deviance values.

Link Function
BOD TN TP

AICc Deviance AICc Deviance AICc Deviance

Identity 273.69 50.31 43.85 32.54 537.82 82.81
Inverse 274.10 51.2 43.93 35.17 545.12 87.54

Log 274.63 50.31 47.52 34.69 538.18 82.81

From Table 5, it can be seen that urban land use had a negative impact on water
quality. The mean effects of urban land use on BOD, TN, and TP in the GAMs were
6.02, 5.94, and 6.76, respectively. All models including BOD (F = 19.02, p < 0.01), TP
(F = 23.87, p < 0.01), and TP (F = 20.73, p < 0.01) were statistically significant, and the
model explained 21.3%, 25.1%, and 24.5% of the variance of the BOD, TN, and TP
in streams, respectively. The AICc values of the GAM models for BOD, TN, and TP
were 273.86, 44.02, and 537.99, respectively.

Table 5. The results of the generalized additive models (GAMs) for the relationships
between the proportion of urban land use and water quality indicators. The
non-linear model for TN had the highest R2 value.

Variable and Criteria BOD TN TP

F 19.02 ** 23.87 ** 20.73 **
R2 0.21 0.251 0.245

AICc 273.86 44.02 537.99

Notes: n = 527. * p < 0.05, ** p < 0.01.

3.2.3. Comparison between LMs and GAMs

In the two types of regression models (linear and non-linear models), the urban
land use had a negative impact on water quality in terms of the BOD, TN, and TP
in streams. The LM and GAM explained 18% and 21.3% of the variance in the BOD
level in streams, respectively. Compared with the R2 of the LM (20%), the higher
R2 of the GAM (25%) indicated that the non-linear model had a higher explanatory
power than that of the LM for the variance in TN. Similarly, the higher R2 of the GAM
(R2 = 0.24) better explained the variance in the TP concentration in streams than did
the LM (R2 = 0.2). Thus, it was clear that, compared with the LM, the non-linear
model (i.e., GAM) better explained the variances in the BOD, TN, and TP in streams
according to the proportion of urban land use in sub-drainage areas. The greatest
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improvement in explanatory power was observed between the LM and non-linear
model (i.e., GAM) for the variance in the TN concentration in streams.

All AICc values of the assessed GAMs (Table 4) appeared to be lower than
those of the LMs (Table 2). Specifically, the non-linear model of BOD (AICc = 273.86)
had lower AICc values than those of the LM (288.32). A considerable decrease in
AICc values was also observed between linear and non-linear models for TN and
TP. Specifically, the AICc value of the non-linear model (44.02) for TN was lower
than that of the LM (69.88). Similarly, the AICc value of the non-linear model for TP
(537.99) was significantly lower than that of the LM (561.72).

In all cases, the non-linear models (i.e., GAMs) had higher coefficients of
determination (R2) and lower AICc values than those of the LMs. These results
were indicative of the presence of non-linear relationships between the proportion of
urban land use and water quality indicators in the study areas.

4. Discussion

The GAMs better explained the relationships between the proportion of urban
land use and water quality and suggested that these relationships were non-linear.
Interestingly, the shapes of all the relationships between urban land use and water
quality variables in the assessed GAMs were similar. In addition, the shapes of
the relationships in GAMs suggested that there was more than one breakpoint
that divided the relationships of urban land use and water quality variables into
several regions. However, we divided the scatter plots of GAMs for BOD, TN,
and TP into three regions using two breakpoints (0 and 1.5 of the log transformed
percentage urban land use) to characterize the intervals, despite the possibility of
another breakpoint around 0.7 of the log-transformed percentage of urban land use
(Figure 3).

In Region 1 (0% ď urban land use ď1%), each water quality variable almost
invariably responded non-linearly to a gradient of the proportion of urban land use,
or even indicated a positive impact of urban land use on water quality variables.
However, only a few cases fell into Region 1, and the range (˘95% confidence
intervals) of the cases was relatively large. The relationships in Region 1 were
quite different from our expectation, and the findings of many previous studies
that have reported a negative influence of urban land use on water quality indicators
(e.g., [1–4,15,20]). Such a relationship was not observed in Region 1. Areas where
the proportion of urban land use in the watershed was less than 1% might be
undeveloped natural areas, which are very rare in Korea. The sampling sites falling
into the Region 1 category were in headstreams located in mountainous areas. The
influence of urban land use on stream water quality in Region 1 cases was likely to
be modest at best, and stream water quality would therefore be more affected by
other environmental and anthropogenic variables, such as agricultural land use [42],
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geology [43], soil type [44], plant litter [45], and waste water released from scattered
rural houses.

In Region 2 (1.1% ď urban land use ď31.5%), the relationships between urban
land use and water quality displayed similar patterns to those reported in many
previous studies. An increase in the amount of urban land use in the watershed had
a significant negative impact on the BOD, TN, and TP in streams. Most cases in this
study fell into Region 2, and the range (˘95% confidence intervals) of the cases was
relatively small. The BOD, TN, and TP rapidly increased as urban land use increased.
However, the slopes of the relationships were slightly different. Specifically, the slope
of the relationship between urban land use and BOD was relatively gentle, while the
slope of the relationships between urban land use and the concentration of TP was
steep. In Figure 3, Region 2 of the BOD and TN model are divided into sub-regions at
approximately 0.5 of the log-transformed urban land use (approximately 3.2% of the
actual percentage urban land use). Slopes were relatively gentle until the percentage
urban land use reached 3.2%, beyond which they became steeper.

In Region 3 (31.6% ď urban land use), the relationships between urban land
use and water quality variables dramatically changed direction at the 1.5 breakpoint
in the log-transformed percentage of urban land use. Like Region 1, water quality
variations at very high levels of urbanization in Region 3 were somewhat different
from those reported in previous studies, which used mostly LMs. In the GAMs, the
variations in BOD, TN, and TP were independent of the variation in urban land use,
or even decreased as the proportion of urban land use increased. Compared with
Region 1, few cases fell in this region, and the range (˘95% confidence intervals)
of the cases was relatively large. In Region 3, reducing urbanized areas might
not be effective for enhancing stream water quality. There should be additional
considerations, such as the placement of riparian vegetation buffers.

The most important parameter in determining the abstraction of urban land use
is frequently the area of the impervious surface connected directly to the drainage
system. This is because impervious surfaces connected to the drainage system allow
for a runoff volume that closely approximates the amount of incident precipitation [6].
In contrast, precipitation that falls on pervious surfaces or on areas not directly
connected to the drainage system will infiltrate the ground surface and will not
contribute to the immediate runoff. Previous studies have shown that the effects of
impervious surface areas on stream water quality differ depending on the watershed,
based on random effect solutions and random coefficient model simulations [46].

As discussed earlier, previous studies indicated that a 10% cover of impervious
areas in a watershed is the average threshold at which water quality degradation
first occurs [11,16]. Coles et al. [12] reported that significant changes in aquatic health
could occur at low and moderate levels (0 to 35%) of urban land cover. Crim [13]
suggested the threshold might be much lower than 10% cover of impervious surfaces.
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In his study, the concentrations of water quality indicators increased considerably
as the amount of impervious surface in a watershed increased from 0 to 4% in
west-central Georgia, USA. Similarly, Nagy et al. [6] reported that an alteration
in stream conditions can occur at low levels of development. It is difficult to
compare our results directly with previous studies due to the different measurements
(e.g., proportion of impervious areas, degree of urbanization, and proportion of
urban land use) and different spatial scales (e.g., entire watershed, buffer zones,
sub-drainage areas in riparian areas) used in the analyses. Our results suggest that
water quality degradation could occur at extremely low levels of urban development
(around 1% urban land cover), particularly in sub-drainage areas near streams or
riparian zones.

It was slightly surprising to observe the pattern of the relationships between
urban land use and water quality indicators, which were downward slopes in
Regions 1 and 3. In this study, we were unable to identify the cause of the patterns
displayed in Regions 1 and 3. One possible explanation could be the type of land
cover across the entire watershed, for example, a high proportion of urban land in
riparian areas and a high proportion of forested area throughout the entire watershed.
Other variables could be the presence of sewage treatment facilities, drainage
systems, pollution control systems for non-point source pollutants established by
local authorities, and a high vegetation density in riparian areas. Thus further
studies considering these factors are needed to explain the patterns in Regions 1
and 3. The results of this study also suggested that different strategies should be
used corresponding to different degrees of urbanization for enhancing stream water
quality. Decreasing urban land use in a watershed could be an effective way to
improve the water quality in moderately urbanized areas. However, decreasing
urban land use in a watershed might not be effective in highly urbanized areas,
because water quality might not be improved as much as expected.
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5. Conclusions

In general, streams in urbanized areas are likely to have higher levels of oxygen
demand, nutrients, suspended solids, ammonium, hydrocarbons, and metals. The
negative impacts of urban land use on adjacent reservoirs, streams, and rivers
have been well-documented and are a key concern for stream restoration, stream
management, land planners, and land managers [2,5–10,47–49]. To establish effective
water quality management policies, it is essential to understand the true nature of
the relationship between water quality and urban land use.

In this study, we assessed LMs and non-linear models (GAMs) for the associations
of BOD, TN, and TP with urban land use in the sub-drainage areas of five major
river systems in Korea. Regardless of the type of model used, a higher proportion
of urban land use had a significant impact on the degradation of stream water
quality. Comparisons between LMs and non-linear models, based on R2 and AICc
values, indicated that the non-linear models (GAMs) could describe the relationships
between urban land use and water quality more accurately. The GAMs demonstrated
non-linear relationships between urban land use and water quality indicators
(i.e., BOD, TN, and TP) in streams and also revealed several breakpoints in the
relationships. Based on two breakpoints, the relationships could be categorized
into three regions. Only Region 2 showed similar relationships between land use
and water quality to those reported in many previous studies using linear models.
Regions with extremely low or extremely high levels of urban land use had a
somewhat different relationship with the findings of previous studies. Stream
restoration, stream management, and watershed land use policies should differ
among these different regions. Water quality might not be improved as much as
expected by reducing the extent of the urban area in areas with extremely low or
high levels of urban land use. In particular, a comprehensive approach, including
the installation of sewage treatment facilities or establishing riparian vegetation for
filtering non-point source pollutants should be used.

In this study, we were not able to identify the cause of the unexpected pattern
seen among the relationships between urban land use and water quality in areas
with extremely low or high levels of urban land use. Further studies are needed, with
a consideration of sewage treatment facilities, drainage systems, and the land cover
across the entire watershed. It is also noteworthy that previous studies indicated that
3%–4% of impervious area cover in a watershed could cause degradation of water
quality in streams. Interestingly enough, our GAMs suggested that this value might
be even lower than 3%–4%. To understand the threshold value of urban areas, GAMs
may need to be assessed at other spatial scales.

The results of this study are useful for stream restoration and management,
because they highlight the negative impacts of urban land use and the non-linear
relationships between urban land use and water quality. Water quality variance
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might differ with the degree of urbanization. Thus, improved water quality
could be attainable by crafting management plans according to a region’s specific
urbanization characteristics.
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Roles of N:P Ratios on Trophic Structures
and Ecological Stream Health in
Lotic Ecosystems
Young-Jin Yun and Kwang-Guk An

Abstract: Little is known about the functions of N:P ratios in determining trophic
structures and ecological health in lotic ecosystems, even though N:P ratios have
been frequently used as a stoichiometric determinant in ambient water for trophic
allocation of low-level organisms such as phytoplankton or zooplankton. In this
study, nutrients (N, P) and sestonic chlorophyll (CHL) from 40 different streams in
the Geum-River watershed were measured from 2008 to 2011. Fish compositions
and stream health were also assessed, based on the multi-metric modeling of
an index of biological integrity. Land use patterns in these watersheds were a
key factor regulating nutrient contents and N:P ratios in ambient water, and also
influenced empirical relationships between N:P ratios (or nutrients) and sestonic
CHL. Land use patterns in forested, urban and wastewater treatment plant regions
were associated with significant differences in stream N:P ratios, and the ratios were
mainly determined by phosphorus. Sestonic CHL was significantly correlated with
nutrient level (N, P); the ratios had a positive linear relationship with the proportion
of omnivores, and a negative relationship with the proportion of insectivores. A
similar trend in the N:P ratios was observed in indicator fishes such as N. koreanus
and Z. platypus. Overall, the N:P ratio may be a good surrogate variable of ambient
concentrations of N or P in assessing trophic linkage and diagnosing the ecological
stream health in aquatic ecosystems.

Reprinted from Water. Cite as: Yun, Y.-J.; An, K.-G. Roles of N:P Ratios on Trophic
Structures and Ecological Stream Health in Lotic Ecosystems. Water 2016, 8, 22.

1. Introduction

During the past two decades, nutrient regime of nitrogen (N) or phosphorus
(P) in freshwater ecosystems is one of the most important factors regulating the
ecosystem production and biological diversity [1,2]. Thus, the concept of nutrient
loading as a factor controlling trophic state has been a key theory in numerous studies
of aquatic ecosystems [3]. Furthermore, the importance of 16N:1P molar ratios as
well as ambient nutrient concentrations in aquatic ecosystems [4], and suggested
their key roles in primary production, nutrient cycling, resource competition, and
animal growth in the systems, in spite of partial limitation on biological unavailability
of some forms of nutrients. The various roles of N:P ratios, therefore, have been
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frequently tested in various trophic linkages as criteria of nutrient limitation on
phytoplankton growth (i.e., bluegreens; Smith [5]), invertebrate compositions [6],
consumer-resource [7], and fish trophic guilds [8,9], and the ecological stream
health [8]. In other words, the N:P ratios determined the production of primary
producers [10], and this influenced the compositions and guilds in the higher trophic
consumers. The ratios of N:P are associated with differences in biotic components
between ecosystems and are closely linked with land use activities [11]. Therefore,
these ratios have been used as a stoichiometric determinant in ambient water for
trophic allocation of low-level organisms [5,12] through to higher trophic level
organisms [6,7,9]. Previous studies on lotic ecosystems have demonstrated that the
complexity of the in-stream environment is largely influenced by land use patterns
within the watershed. Wastewater disposal plants and urban runoff or cropland, as
significant non-point or point sources, increase N and P enrichment in stream and
river environments [13,14], resulting in an alteration of mass N:P ratios in ambient
water [15].

Rapid industrialization and dense industrial complexes have caused chemical
pollution and habitat disturbances in urban regions, along with intense agricultural
activities. Wastewater treatment plants (WTPs) are needed to reduce nutrient (N, P)
and organic matter discharge from urban polluted water [16]. Haggard et al. [17]
and Ekka et al. [18] demonstrated that the most significant sources of N and P are
point-sources of WTPs, even though nutrient contents vary largely depending on
the treatment methods of effluents [16,19]; furthermore, the effluents may directly
or indirectly influence chemical pollution and biological disturbances downstream
in the watershed [20]. Under these conditions, nitrogen and phosphorus levels
are generally high [18,21] and the N:P ratios are relatively low in stream and river
ecosystems. For this reason, a low N:P ratio may be a good surrogate variable of
ambient concentrations of N or P in diagnosing and assessing anthropogenic nutrient
pollution and eutrophication in lentic [22] and lotic ecosystems [15].

N:P ratios have also been used as ecological indicators to identify how
aquatic organisms are regulated by N:P stoichiometry, through thresholds and
spectrums. Redfield [23] found that the stoichiometric threshold for phytoplankton
growth was identified as 16N:1P molar ratio, which is frequently considered to be
a trophic interaction from an ecological perspective. Numerous studies on lentic
ecosystems [24–27] have demonstrated that N:P ratios are a key index of nitrogen or
phosphorus limitation in algal populations. However, these stoichiometric thresholds
vary according to N-limitation and P-limitation criteria in aquatic ecosystems [10,28],
as frequently shown by actual field data. Despite regional and seasonal variations in
stoichiometric indices of the N:P ratio, it has been used to determine the abundance of
specific taxa and trophic levels in the food chain [12,29,30]. Typical examples of N:P
ratios are shown by bluegreen algae dominance when the ratios drop below 30 [5],
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and by empirical models of bluegreen algae [31]. Similarly, specific taxa of lotic
periphyton [12] are regulated directly by N and P stoichiometry, and aquatic biota
is associated with specific optimal N:P ratios [32]. Within high trophic organisms,
their growth and abundance may be affected by stoichiometric N:P ratios as well
as by absolute ambient nutrients; furthermore, N:P ratios may determine the food
quality of aquatic insects [7] and fishes [8,9]. These studies have shown that trophic
interactions, in functional taxa at the species level, are related to specific N:P ratios
in aquatic environments. The trophic dynamic concept [33] has been used to
demonstrate bioavailable energy and nutrient transfers to higher trophic organisms,
representing both specific trophic interactions and the effects of community on
aquatic ecosystems; however, the role of N:P ratios is unknown in the context of
trophic interactions. Despite the importance of N:P ratios in terms of trophic linkages
within the food chain/web of aquatic ecosystems, little is known about the effects of
trophic compositions and fish tolerance on the range of N:P ratio values in ambient
stream water [8].

Aquatic environmental stressors such as nutrients and N:P ratios may affect
aquatic biota of low trophic levels and/or higher trophic level organisms and their
stoichiometry, and are regarded as being among the most important regulating factors
of stream ecosystems [8]. The nutrient regime regulates various fish compositions
and their abundance in aquatic ecosystems [34], and these parameters may be closely
associated with the eutrophication processes of N or P, and with N:P ratios. Primary
productivity, regulated by the N or P contents and N:P ratios, increased as fish
abundance increased [35] or decreased [36], depending on the regional scale and fish
species. Tolerance, or trophic levels of fish related to nutrient regimes, has been used
to assess stream conditions ranging from pristine to polluted [35]. Conventional
criteria of fish tolerance (divided into three categories: sensitive, intermediate, and
tolerant species [37,38]) are closely associated with eutrophication in water bodies,
which are judged according to N or P contents or N:P ratios [8,39]. Noble et al. [40]
demonstrated that the trophic compositions of fish were affected by their available
food items and feeding habitats, and that changes in nutrient regimes or N:P ratios
may modify the proportions of insectivorous and omnivorous fish due to changes in
their feeding resources (in accordance with water chemistry [8,40]). These findings
suggest that nutrients and stoichiometric N:P ratios may alter species compositions,
tolerance level, and trophic compositions in aquatic ecosystems.

The objectives of this study were to assess the influence of land use patterns on
nutrient contents and N:P ratios in stream ecosystems, and to determine the empirical
relationships between N:P ratios and nutrients (total phosphorous; TP) and sestonic
algal biomass (chlorophyll-a; CHL). Furthermore, the influence of the chemical
regime on stoichiometric N:P ratios was elucidated by analyzing trophic composition
and fish tolerance, and the fish bio-indicators of pollution, in lotic ecosystems.
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2. Materials and Methods

2.1. Study Area and Selection of Sampling Site

This study was conducted in the Geum-River watershed, South Korea (Figure 1).
The Geum-River watershed (36˝–37˝ N; 127˝–128˝ E) is located in the mid-western
part of South Korea, and consists of a main stem length of 414 km and catchment
area of 9886 km2. Concerning the sampling site, both the site and the land use
patterns were considered to be possible factors affecting the aquatic environment.
This research was an ideal case study because of the morphology with longitudinal
gradients and the diversity of land uses.

Figure 1. Catchment-scale map showing the location of the four different land
types, among the 40 sampling sites of the Geum-River watershed.
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Land use patterns were analyzed by calculating the proportion of forest,
cropland, and urban land (a 500-m buffer) around the stream boundaries [11]. Land
use for the sampling site was categorized according to the dominant land cover
type: forest region (proportion of forest cover >50%), cropland region (proportion of
cropland cover >50%), or urban region (proportion of urban cover >50%). Municipal
WTPs were regarded only as the point source for defining the WTP region. The
regions were divided equally into 10 sampling sites.

2.2. Analysis of Water Quality

Physicochemical and biological water quality data for the sampling sites were
obtained from the National Institute of Environmental Research (NIER). Stream
water sampling (surface water at 0.5 m) was conducted monthly from 2008 to 2010 in
40 different streams, and electrical conductivity (EC) was simultaneously measured
using a portable multiparameter analyzer (YSI Sonde Model 6600: Yellow Springs,
OH, USA). TP was determined using the ascorbic acid method after persulfate
oxidation [41], and total nitrogen (TN) was determined using the second derived
procedure after persulfate digestion [41]. Biological oxygen demands at 5 days
(BOD5) were measured per the method of Eaton and Franson [41]. Sestonic CHL
concentrations were determined using a spectrophotometer (DU-530; Beckman
Coulter Inc., Brea, CA, USA) after sampled water was processed through a GF/C
filter and ethanol extraction in hot water [42]. Nutrient (N, P) and sestonic CHL
analyses were performed in triplicate; EC and BOD5 were applied in duplicate.

2.3. Analysis of Physical Habitat Conditions

Physical habitat conditions at the sampling sites were assessed using a
qualitative health evaluation index (QHEI). The QHEI assessment was conducted
in 2009; this study used a 6-metric model of QHEI for application at a regional
level [43–45], modified from the original 10-metric model [46,47]. To assess
the physical habitat condition, primary, secondary, and tertiary attributes were
included in the model and their metrics were composed of substrate structure and
vegetation coverage, channel and bank characteristics, and bank structure. All
metric characteristics have been described previously [43,48]. The metrics of QHEI
comprised M1–M6, evaluating epifaunal substrate cover, pool substrate, channel flow
status, channel alteration, and sediment deposition. An additional metric was also
included to account for the effects of dam construction. The health conditions of the
habitat were evaluated by summing the scores obtained from the six metric scores
(M1–M6) and then categorizing the system as “excellent” (A; score 120–96), “good”
(B; 80–66), “fair” (C; 60–36), or “poor” (D; 30–6) based on the recommendations
of MOE/NIER [44]. The final scores were transformed to a 0–1 scale for more
comparable analysis.
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2.4. Fish Collection and Sampling Method

Fish assemblages were collected twice at each site from 2008 to 2011 during
the pre- and post-monsoon seasons; these seasons produce a hydrologically-stable
aquatic environment. The sampling approach followed the modified protocols
of the Ohio Environmental Protection Agency [49]. Casting nets (mesh size,
5 ˆ 5 mm) and kick nets (mesh size, 4 ˆ 4 mm) were used for sample collection,
following the standard method for ecological fish health assessment proposed by
the MOE/NIER [43]. Casting nets were used in various types of deep (2–3 m) and
shallow (<0.5 m) habitat, and kick nets were used at locations with fast current
velocities or in stream vegetation zones [43]. The sampling and handling techniques
were based on catch per unit effort methods [50], with a sampling period of 50–60 min
at each location. Fish were collected from all types of habitat, including riffles, runs,
and pools, using the wading method [49]. All fish specimens were preserved in
neutral-buffered 10% formalin and returned to the laboratory for identification [51,52].
Currently used scientific names, such as genus Nipponocypris, Tanakia spp., were
employed [53]. The external characteristics of individual fish were examined in the
laboratory for deformities, erosions (skin, barbels), lesions (open sores, ulcerations)
and tumors [54].

2.5. Analysis of Trophic Composition and Tolerance Level

For the classification of fish trophic compositions and tolerance levels, the
approach of the US EPA [49] and Karr [55] was used. Trophic composition was
classified into four categories: insectivores, omnivores, piscivores, and herbivores,
all of which were determined in accordance with the primary feeding resource.
Tolerance levels were classified into sensitive, intermediate and tolerant species; this
approach was based on the principle that an increase in the number of species and
individuals in the first two categories indicates better ecosystem health, whereas an
increase in omnivores indicates a degradation of ecosystem health [49]. Information
on the classification of guild compositions for freshwater fishes in both trophic
categories and tolerance levels are available [52].

2.6. Multi-Metric Fish Index of Biological Integrity (IBI) Model

The biological health of the lotic ecosystem was evaluated using the multi-metric
fish IBI model. Ten metric models of IBI [55,56] were developed on the basis of
regional application [38,48,56]. The metrics consisted of the three major ecological
characteristics: species richness with magnitude of stream order (M1, M2 and M7),
trophic/tolerance guild compositions (M3–M6), and fish abundance according to
health conditions (M8). The following metrics were used: M1, total number of native
species; M2, number of riffle-benthic dwelling species; M3, number of sensitive
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species; M4, proportion of tolerant species; M5, proportion of omnivorous species; M6,
proportion of native insectivorous species; M7, total number of native individuals;
and M8, proportion of abnormal individuals. Each metric was assigned a score
of 1, 3, or 5, and five classification criteria—“excellent” (A; score = 40–36), “good”
(B; 34–28), “fair” (C; 26–20), “poor” (18–14), and “very poor” (13 or below)—were
used. Detailed descriptions of specific metric characteristics and scoring criteria for
the model are available [38].

2.7. Statistical Analysis

A one-way analysis of variance (ANOVA), with Scheffe’s post-hoc test applied,
was used to assess differences in water quality, habitat conditions, and biological
components between the different regions (forest, cropland, urban, and WTP regions),
using the SPSS in the Windows software package (ver. 22.0; IBM Corp., Armonk,
NY, USA). Simple linear regression analysis and Spearman’s correlation analysis
were also conducted.

3. Results and Discussion

3.1. Influence of Land Use on Water Chemistry, Habitat Conditions, and
Biological Components

The effects of land use pattern on water chemistry, habitat conditions, and
biological components are shown in Table 1. TP, BOD5 and EC were lowest in the
forest region, and were significantly higher (Scheffe’s test, p < 0.001) in the WTP region
compared to all forest, cropland, and urban regions. The mean mass ratio of N:P was
highest in the forest region, and lowest in the WTP region (Scheffe’s test, p < 0.001);
these results indicate that water chemistry was directly influenced by the type of land
in the watershed. Physical habitat health, based on QHEI scores, was superior for the
forest area than for any other region, but the differences were not significant (Table 1).
Biological components of sestonic CHL (as a primary producer) and the IBI (based on
fish assemblages) reflected the water chemistry, and were directly influenced by the
type of land. Thus, the mean value of IBI was significantly greater, and the sestonic
CHL significantly lower, in the forest region than in any other region (both p < 0.05;
Table 1).

275



Table 1. Water chemistry, physical habitat condition, and biotic components
according to the type of land in the Geum River watershed. Data are provided
as means ˘ SE (range: 5%–95%) in each region. The superscript letters indicate
significant post-hoc differences according to land use type.

Variables
Forest Region Cropland Region Urban Region WTPs Region

Mean ˘ SE Mean ˘ SE Mean ˘ SE Mean ˘ SE

Range Range Range Range

Total nitrogen (µg¨ L´1)
1821 ˘ 33 a 1740 ˘ 52 a 2605 ˘ 65 b 6792 ˘ 225 c

(1130–2836) (545–3454) (1002–5024) (1713–14782)
Total phosphorus

(µg¨ L´1)
26 ˘ 2 a 67 ˘ 4 a, b 85 ˘ 3 b 462 ˘ 27 c

(4–76) (11–164) (21–212) (66–1698)
N:P ratios in ambient

water
143 ˘ 8 c 53 ˘ 4 b 46 ˘ 3 b 24 ˘ 1 a

(29–388) (5–175) (10–110) (5–58)
Electrical Conductivity

(µs¨ cm´1)
136 ˘ 2 a 210 ˘ 4 b 263 ˘ 4 c 482 ˘ 13 d

(74–212) (133–342) (148–383) (237–935)

BOD5 (mg¨ L´1)
0.9 ˘ 0.02 a 1.9 ˘ 0.08 b 2.5 ˘ 0.10 c 4.1 ˘ 0.16 d

(0.4–1.4) (0.5–4.4) (0.9–5.5) (1.1–9.6)

QHEI 90 ˘ 5 b 67 ˘ 5 a 61 ˘ 5 a 72 ˘ 6 a,b

(70–108) (45–87) (40–82) (47–92)

Sestonic CHL (µg¨ L´1)
2.4 ˘ 0.2 a 3.4 ˘ 0.3 a 7.0 ˘ 0.7 a 18.9 ˘ 2.4 b

(0.2–7.9) (0.1–10.5) (0.2–30.7) (0.1–182.4)

Sestonic CHL:TP
0.15 ˘ 0.010 b 0.08 ˘ 0.007 a 0.10 ˘ 0.008 a 0.08 ˘ 0.009 a

(0.00877–0.44200) (0.00095–0.27789) (0.00313–0.42713) (0.00035–0.44106)

Sestonic CHL:TN
0.0015 ˘ 0.0001 a 0.0025 ˘ 0.0003 a,b 0.0039 ˘ 0.0005 b 0.0039 ˘ 0.0004 b

(0.00006–0.00485) (0.00004–0.01016) (0.00006–0.01919) (0.00002–0.01967)

Index of biotic integrity 32 ˘ 0.7 c 23 ˘ 0.6 b 19 ˘ 0.5 a 20 ˘ 0.6 a

(24–38) (16–30) (12–24) (14–26)

Notes: WTPs, wastewater treatment plants; QHEI, Qualitative Habitat Evaluation Index;
BOD5, biological oxygen demand at 5 days; a. statistical result (post hoc test) of the
smallest value on the land use, b (or c,d.)statistical result (post hoc test) of the largest value
on the land use

3.2. Effect of Mass Ratios of N:P on Nutrient Regimes and Their Influence on Land Use

The average concentration of TP in the WTPs region was 462 ˘ 27 µg¨ L´1, which
was 10 times greater than the TP in the forest region (Table 1). TN concentrations
were much higher than TP concentrations among all of the different types of land,
and the regional mean N:P ratios were greater than 24–143, indicating a nitrogen-rich
system. In fact, concentrations of TN had a weak relation with TP in the watershed,
and the relation of TN vs. TP showed that the N:P ratios were mainly distributed
in the range of 100–400 in the forest area but in the range of 10–20 in the region of
WTPs. (Figure 2). Regression analysis of the association between log-transformed
N:P ratios and nutrients (Figure 2) indicated that the N:P ratios were directly affected
by TP, but not by TN. The N:P ratios, which are widely used as an index of nutrient
limitations, were negatively related to TP (p < 0.001, F = 1009.1, R2 = 0.64), but were
not related to TN (n = 569, p > 0.05). Thus, the association between N:P ratios and TP
was strongest in the forest regions (the green circles in Figure 2b) and lowest in the
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WTP region (dark squares in Figure 2b), indicating that the variation in N:P ratios
is explained by the land use patterns in this watershed. Strong negative regression
coefficients (R2 = 0.64, p < 0.001) for the N:P ratios on TP were found in numerous
lentic ecosystems [22,57]. These studies indicated that the N:P ratio is a key regulator
of the nutrient regime, and of primary production, in ambient water [11,12,58], and
is also a major indicator of ecological river health in multi-metric fish models [8]. Our
results indicate that the N:P ratios in forest region (high N:P) were clearly segregated
from the WTPs region (low N:P), but partial overlaps in the N:P ratios were also
shown in the cropland and urban regions.
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observed with TN, except for differences in R2 values (Figure 3b). In contrast, sestonic CHL values 
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0.32, and 0.32, respectively (Figure 3a–c). The nutrients N and P were also important limiting factors 

Figure 2. Relationships between log10-transformed N:P ratios and total nutrient
concentrations (TN = total nitrogen, TP = total phosphorus), and between
log10-transformed TN and TP in the Geum River. (a) log10 (TN)–log10 (N:P mass
ratios); (b) log10 (TP)–log10 (N:P mass ratios); and (c) log10 (TP)–log10 (TN). Vertical
bar (right side of panel b) indicates N:P mass ratios on the relations of TN vs. TP
among the different land uses.
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3.3. Effects of Nutrients and N:P Ratios on Sestonic CHL

Sestonic CHL concentrations were more affected by nutrients in ambient water,
and the variations in sestonic CHL were better explained by variations in TP
(p < 0.001, F = 31.0, R2 = 0.46) than TN (p < 0.001, F = 17.5, R2 = 0.32; Figure 3a,b).
When the log-transformed TP values were high, as seen in WTP regions, sestonic
CHL values were also high (>46 µg¨ L´1). Similar patterns were observed with TN,
except for differences in R2 values (Figure 3b). In contrast, sestonic CHL values were
low (<2.2 µg¨ L´1) in the forest regions when N:P ratios were high (>60; Figure 3c).
The regression coefficients (R2) for the relationship between sestonic CHL and TP, TN,
and the N:P ratios, were 0.46, 0.32, and 0.32, respectively (Figure 3a–c). The nutrients
N and P were also important limiting factors influencing algal productivity, although
current velocity and the light regime in a lotic environment are primary physical
factors regulating sestonic phytoplankton and algal biomass. These results suggest
that sestonic CHL in the watershed was increased by high P or N and low N:P [59].

Figure 3. Simple linear regression models of log10-transformed annual mean
(a) TP-sestonic CHL; (b) TN-sestonic CHL; and (c) N:P mass ratios-sestonic CHL.

3.4. Relationships between Fish Communities and Compositions and N:P Ratios

Fish communities and community structures in the watershed were reflected in
the type of land (Table 2). The forest region was designated as a Nipponocypris-Zacco
community, whose dominant species was Nipponocypris koreanus (34.5% of the total),
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a sensitive species that is known to dwell in pristine chemical conditions. The average
N:P ratio in ambient waters of the forest region was 143, which was higher than in any
other type of land. In contrast, the dominant species in the WTPs region were Zacco
platypus, (51.1%) and Hemiculter eigenmanni (6.2%), which are tolerant, omnivorous
species with high abundance in polluted aquatic environments. The N:P ratio was
lowest (24) in the Zacco-Hemiculter community due to the high degree of phosphorus
enrichment from the effluents of WTPs. The forest region contained the largest
proportion of insectivorous species (56.2%) and sensitive species (47.0%) (Figure 4a),
whereas the WTP region showed a predominance of omnivorous species (76.8%) and
tolerant species (78.6%) (Figure 4d). These preliminary results indicate that the type
of land directly affects both trophic compositions and fish tolerance guilds [38,47]. In
the meantime, other physical factors as well as the land use pattern might also have
influenced the fish community and species compositions, even if we did not put the
data of physical variables such as stream discharge, water temperature, dissolved
oxygen(DO), mean depth, and canopy cover, etc.

Figure 4. Trophic composition (left panel) and tolerance level (right panel) of
fish communities in the Geum River watershed. % Is, proportion of insectivores;
% Om, proportion of omnivores; % Ss, proportion of sensitive species; % Ts,
proportion of tolerance species. (a) Nipponocypris-Zacco community (forest);
(b) Zacco-Tridentiger community (Cropland); (c) Zacco-Carassius community (urban);
and (d) Zacco-Hemiculter community (WTPs).

3.5. Multi-Metric IBI Model and Its Chemical Effects

The multi-metric river health model, based on the IBI, showed that IBI values
were determined by land use patterns (Table 3). The mean value of the IBI model was
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32.3 ˘ 4.6 in the forest region, which was judged to be in a “fair-excellent condition”
with respect to river health. In contrast, the mean IBI value ranged from 19.2 to 22.6
in the cropland, urban, and WTP regions; the mean IBI values in all three of these
regions was significantly (Scheffe’s test, p < 0.05) lower than that of the forest region.
However, there were no significant differences (one-way ANOVA, p < 0.001) in the
mean IBI values of the cropland, urban and WTP regions (Table 3). Statistical analysis
of each model parameter showed that there were significant differences (one-way
ANOVA, p < 0.001) for M1-M6, and M8, but not for M7 (Table 3). In the forest region,
the highest IBI values occurred at M3 and M6 (Scheffe’s test, p < 0.01), and the lowest
values occurred at M4 and M5 (Scheffe’s test, p < 0.01).

Table 2. N:P ratios in the ambient water (means ˘ SE), fish community, and fish
compositions (including tolerance level and trophic composition) according to type
of land in the Geum River watershed.

Type of
Land

N:P Ratios in
the Ambient

Water

Community
Group Fish Species Tolerance

Level
Trophic

Compositions
RA
(%)

Forest
Region 143 ˘ 8

Nipponocypris-Zacco
community

Nipponocypris
koreanus

Ss Is 34.5

Zacco platypus Ts Om 24.1
Tanakia koreensis In Om 6.0

Coreoleuciscus
splendidus

Ss Is 4.8

Pungtungia herzi In Is 4.2
Other species (43) – – 26.4

Cropland
region 53 ˘ 4

Zacco-Tridentiger
community

Zacco platypus Ts Om 38.0
Tridentiger brevispinis In Is 13.8
Pseudogobio esocinus In Is 6.1
Tanakia lanceolatus Int Om 5.1

Opsarichthys
uncirostris amurensis

Ts Ca 3.3

Other species (51) – – 33.8

Urban
Region 46 ˘ 3

Zacco-Carassius
community

Zacco platypus Ts Om 52.5
Carassius auratus Ts Om 9.5

Pseudogobio esocinus In Is 6.8
Tanakia lanceolatus In Om 5.7

Opsarichthys
uncirostris amurensis

Ts Ca 2.9

Other species (41) – – 22.5

WTPs
region 24 ˘ 1

Zacco-Hemiculter
community

Zacco platypus Ts Om 51.1
Hemiculter
eigenmanni

Ts Om 6.2

Pseudogobio esocinus In Is 6.1
Carassius auratus Ts Om 5.7
Hemibarbus labeo Ts Is 5.0

Other species (46) – – 25.9

Notes: Ss, sensitive species; In, intermediate species; Ts, tolerant species; Is, insectivore;
Om, omnivore; Ca, carnivore; RA, relative abundance; WTPs, wastewater treatment plants.

Multi-metric IBI values, as an indicator of river health, had negative
relationships with TP and BOD5, and a positive relationship with the N:P ratio
(Figure 5). In other words, the river health on IBI was directly affected by nutrient
level (P) and organic matter (BOD5) in the lotic ecosystem (Figure 5). Regression
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analysis of IBI on TP and BOD5 showed that the variation in river health (IBI)
was accounted for by variations in log10-transformed TP (33%; n = 216, F = 106.0,
p < 0.001), and log10-transformed BOD5 values (33%; n = 216, F = 92.4, p < 0.001;
Figure 5). For the linear models of IBI, the mean IBI value was 37.9 ´ 7.8 log10

(TP), and the mean IBI value was 26.4 ´ 11.8 log10 (BOD5). Mass ratios of N:P
in the ambient water had a positive linear relationship with IBI values (mean
IBI = 10.6 + 7.8 log10 (N:P), p < 0.001), indicating that N:P ratios are an important
determinant of river health. Mean IBI had no significant relationship with TN, due
to the systems being nitrogen-rich in this watershed regardless of sampling location
or season.Water 2016, 8, 22 12 of 20 
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Figure 5. Relationships between multi-metric fish index of biological integrity (IBI)
values and log10-transformed (a) TP; (b) BOD5; (c) N:P ratios in the ambient water.
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3.6. Influence of Sestonic CHL on Trophic Compositions and River Health

Sestonic CHL, as a measure of primary production, affected the food chain at
higher trophic levels, which in turn influenced the trophic compositions (Figure 6).
Concentrations of sestonic CHL had inverse linear relationships with % Is (R2 = 0.28,
F = 14.7, p < 0.001) and the IBI model values for stream health (R2 = 0.21, F = 9.8,
p < 0.01). The results of simple linear models of insectivores and IBI values were
as follows: % Is = 44.9 ´ 22.5 log10 (CHL) and IBI = 25.9 ´ 5.0 log10 (CHL).
In contrast, sestonic CHL had a positive linear relationship (R2 = 0.25, p < 0.01)
with the proportion of omnivore species (% Om); the result of the simple linear model
was as follows: % Om = 49.0 + 20.6 log10 (CHL). Even if the regression coefficients of
both dependent variables were <0.30, increases in sestonic CHL generally decreased
the insectivore fish in the oligo- or meso-trophic state [60], and increased the degree
of impairment of stream health as shown by the IBI model values [61]. Our results
are supported by the studies of Robertson et al. [62], who showed that increases in
organic solids (such as phytoplankton CHL) reduce the abundance of insectivores,
and increase the abundance of omnivores in stream ecosystems. These results
indicate that organic solids that originate from the sestonic CHL increase the contents
of organic matters; furthermore, their accumulation on the stream bottom favors
omnivorous species and affected insectivores, resulting in rapid impairment of
stream health.

3.7. Relationships among Lotic N:P Ratios, Trophic Composition and Tolerance Level

Fish trophic compositions closely associated with the food chain were directly
affected by the N:P ratios [9], which is directly determined by P rather than N
(Figure 7). When N:P ratios in ambient water were less than 30, % Is was also
under 30%; when N:P ratios were greater than 200, the proportion of insectivores
exceeded 60%. The variation in % Is was largely (93%) related to variation in
mean N:P ratios (R2 = 0.93, p < 0.01). The linear regression results were as follows:
% Is = 13.0 + 10.5 log10 (N:P). This effect of N:P ratios was modified by % Om;
the variation in % omnivores was largely related (90%) to variation in the mean
N:P ratios (R2 = 0.90, p < 0.01) and the linear regression result was as follows:
% Om = 77.4–9.1 Log10 (N:P). Thus, mean N:P ratios had a positive relationship
with % Om in these streams (Figure 7). The trophic compositions of insectivores and
omnivores were matched with fish tolerance. The proportion of sensitive species (%
Ss) had a positive relationship with N:P ratios (R2 = 0.95, p < 0.01; % Ss = -16.4 + 15.2
Log10 (N:P)). In contrast, the proportions of tolerant species (% Ts) had a negative
relationship with N:P ratios [R2 = 0.91, p < 0.05; % Ts = 75.4 - 10.4 Log10 (N:P)]. These
outcomes suggest that N:P ratios determined the degree of fish tolerance (Ss, Ts) as
well as trophic compositions (Is, Om).
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Figure 6. Simple linear regression models of (a) log10-transformed annual
mean sestonic CHL–% Is; (b) log10-transformed annual mean sestonic CHL´%
Om; (c) log10-transformed annual mean sestonic CHL´multi-metric fish IBI
values, respectively.
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Figure 7. Mass ratios of the N:P interval in ambient water, in relation to means ˘ SE
of (a) trophic composition (Is = Insectivore sp., Om = Omnivore sp.); (b) tolerance
level (Ss = Sensitive sp., In = Intermediate sp., Ts, = Tolerant sp.) in the Geum River
watershed. % Is, proportion of insectivores; % Om, proportion of omnivores; %
Ss, proportion of sensitive species; % In, proportion of intermediate species; % Ts,
proportion of tolerance species.

3.8. Influence of Land Use Pattern on N:P Ratios and Linkage with Trophic Compositions
and Fish Tolerance

Land use patterns influenced the N:P ratios in ambient water, and determined
the trophic compositions and fish tolerance in this study (Figure 8). The N:P ratios in
the forest region averaged 143 and ranged from 29 to 388. In contrast, the N:P ratios
in the WTP region averaged 24 and ranged from 5 to 58. This indicates that N:P ratios
are high in the pristine forest region, and are low in the nutrient-rich WTP regions.
Thus, when the N:P ratios were above 130, % Is was high (79.1%), and the proportion
of sensitive species (% Ss) was also high (73.6%). Conversely, when the N:P ratios
were below 9, the proportions of both the insectivores (5.8%) and sensitive species
(0.3%) were low (Figure 8). Conversely, in the WTPs regions, the % Om and tolerant
species (% Ts) in the WTPs regions were 84.4% and 90.2%, respectively, indicating
that omnivore and/or tolerant fish species dominated the fish community in the
point-source region with low N:P ratios.
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Regression analysis of the association between trophic compositions and
fish tolerance and N:P ratios indicated that log10-transformed N:P ratios were
significantly (p < 0.001) associated with these variables (Figure 8). In the analysis
of trophic compositions, the variation in insectivore proportions was positively
associated (R2 = 0.38, p < 0.001) with the N:P ratios, as follows: % Is = ´29.3 +
39.0 Log10 (N:P). However, the proportion of omnivores was negatively associated
(R2 = 0.31, p < 0.001) with the N:P ratios, as follows: % Om = 117.1 ´ 35.9 log10 (N:P).
In the analysis of tolerance guilds, the variation in sensitive species was positively
associated (R2 = 0.45, p < 0.001) with the N:P ratios, as follows: % Ss = ´60.4 + 46.3
Log10 (N:P). The variation in tolerant species was negatively associated (R2 = 0.32,
p < 0.001) with the N:P ratios, as follows: % Ts = 121.4 ´ 41.0 Log10 (N:P).

3.9. Influence of N:P Ratios on Fish Species Indicators

The N:P ratios in ambient water determined the indicator fish species in each
fish community, as shown in Figure 9. The dark chub, Nipponocypris koreanus, which
is known to be dominant in clean water environments [45], preferred high N:P
ratios (>200); under these conditions, the relative abundance (RA) of the dark chub
was 49.8%. In contrast, when the N:P ratios were < 30, the mean value of RA was
only 0.4%. Thus, the abundance of N. koreanus was significantly increased (p < 0.05,
r = 0.36) with high N:P ratios (Figure 9). The pale chub, Zacco platypus, which is
known to be a dominant species in polluted environments [63], preferred low N:P
ratios of <30; under these conditions, the relative abundance (RA) of the pale chub
was 44.9%. In contrast, when the N:P ratios were >200, the mean value of RA was
only 18.4%. Thus, the abundance of Z. platypus was significantly increased (p < 0.05,
r = ´0.18) with low N:P ratios. These results suggest that the N:P ratio should be
considered as an important factor in determining the indicator fish (sensitive or
tolerant species) in fish communities.
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Figure 8. Scatter and simple linear regression models of (a) log10-transformed
N:P ratios-trophic composition (% Is, left; % Om, right); and (b) log10-transformed
N:P ratios–tolerance level (% Ss, left; % Ts, right) in the Geum River watershed.
Forest = ‚ (closed circle); cropland = İ (closed triangle down); urban = N (closed
triangle up); wastewater treatment plants = � (closed square).
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Figure 9. Mass ratios in the stream water of the N:P interval, plus the trophic
composition and tolerance level of relative abundance (RA) (%). Upper panels
indicate a combination of (a) insectivorous and sensitive species of RA (%);
(b) omnivorous and tolerance species of RA (%). Pearson’s correlations of N:P
ratios with RA (%) indicate a significant increase (p < 0.05, r > 0; closed vertical blue
bar: (�), a significant decrease (p < 0.05, r < 0; closed vertical red bar: (�), and no
significant change (p > 0.05; opened vertical bar: (˝). Abbreviations: Za.P, Zacco
platypus; Ca.a, Carassius auratus; He.e, Hemiculter eigenmanni; Sq.j, Squalidus japonicas
coreanus; Ps.p, Pseudorasbora parva; Ni.k, Nipponocypris koreanus; Co.s, Coreoleuciscus
splendidus; Ps.n, Pseudopuntungia nigra; Rh.o, Rhynchocypris oxycephalus; Go.m,
Gobiobotia macrocephala.

4. Conclusions

This study examined the N:P ratios and biological components from low trophic
level of phytoplankton to high trophic level of fish, which are influenced by land
use patterns and point/nonpoint sources in the watershed of Geum River. In this
watershed, nutrient regime (N, P) influenced by land use patterns ( 1 [14]) and flow
regimes ( 2 [64]), as well as point/nonpoint sources ( 1 , 3 [14,17]), altered the
ratios of N:P ( 4 [22]; Figure 10) and higher trophic linkage. The N:P ratios were
directly or indirectly associated with the trophic level of phytoplankton production
(sestonic CHL; 5 , 6 [32,65]) and were determined by P rather than N, suggesting
that differences in TP and N:P ratios were related to land use patterns and the location
of WTPs. Furthermore, fish trophic compositions (14© [8]), tolerance guilds (14© [8]),
and fish community (15© [9]) were determined by the availability of food resources
(13© [66]), which are directly influenced by N:P ratios or nutrient regimes (N, P). In
other words, the N:P ratios determined the sestonic CHL, which was associated
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with the food chain at higher trophic levels. Fish trophic compositions and tolerance
guilds (14© [8]) were closely associated with the food chain and were directly affected
by N:P ratios in ambient water, resulting in a modification of stream ecosystem health
(based on the IBI multi-metric model, 14© [8]). Overall, the N:P ratio may be a good
surrogate variable of ambient concentrations of N or P in assessing trophic linkage
and diagnosing the ecological stream health in aquatic ecosystem.

Figure 10. Schematic diagram on the control of N:P ratios on their environmental
and ecological variables in aquatic ecosystems.
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Exploring the Non-Stationary
Effects of Forests and Developed
Land within Watersheds on Biological
Indicators of Streams Using
Geographically-Weighted Regression
Kyoung-Jin An, Sang-Woo Lee, Soon-Jin Hwang, Se-Rin Park and
Sun-Ah Hwang

Abstract: This study examined the non-stationary relationship between the ecological
condition of streams and the proportions of forest and developed land in watersheds
using geographically-weighted regression (GWR). Most previous studies have
adopted the ordinary least squares (OLS) method, which assumes stationarity
of the relationship between land use and biological indicators. However, these
conventional OLS models cannot provide any insight into local variations in the
land use effects within watersheds. Here, we compared the performance of the OLS
and GWR statistical models applied to benthic diatom, macroinvertebrate, and fish
communities in sub-watershed management areas. We extracted land use datasets
from the Ministry of Environment LULC map and data on biological indicators in
Nakdong river systems from the National Aquatic Ecological Monitoring Program in
Korea. We found that the GWR model had superior performance compared with the
OLS model, as assessed based on R2, Akaike’s Information Criterion, and Moran’s I
values. Furthermore, GWR models revealed specific localized effects of land use on
biological indicators, which we investigated further. The results of this study can be
used to inform more effective policies on watershed management and to enhance
ecological integrity by prioritizing sub-watershed management areas

Reprinted from Water. Cite as: An, K.-J.; Lee, S.-W.; Hwang, S.-J.; Park, S.-R.; Hwang, S.-A.
Exploring the Non-Stationary Effects of Forests and Developed Land within
Watersheds on Biological Indicators of Streams Using Geographically-Weighted
Regression. Water 2016, 8, 120.

1. Introduction

Land use in watersheds has both direct and indirect impacts on the water
quality [1–4] and biological community integrity [5–12] of adjacent streams. The ways
in which land is used in watersheds determine the type and quantity of pollutants
loaded into streams, and can lead to degradation of water quality and ecological
integrity. Previous studies have demonstrated that high levels of urbanization within
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watersheds are strongly linked to poor water quality and biological conditions. In
contrast, a high level of forest coverage within watersheds is closely related to lower
concentrations of pollutants and more favorable ecological conditions in streams.
Therefore, managing the water quality and ecological integrity of streams requires
intelligent watershed management that takes into account the type and extent of
land use. Such policies must be rooted in a deep understanding of the relationship
between land use and stream conditions.

Most previous studies have adopted conventional statistical tools, including
correlation or ordinary least squares (OLS) regression analysis, in assessing the
effects of land use on ecological integrity as measured by certain biological indicators.
One important assumption of these conventional statistical methods is that the
effects of land use on ecosystems are constant (i.e., stationary) within the entire
study area; thus, local variations in these effects are ignored. However, in practice,
the effects of land use on ecological variables may be spatially heterogeneous;
observations from one region might not hold true for other regions, owing to
differences in watershed characteristics and pollution sources [13]. Indeed, the
relationship between land use and biological variables can vary across space, based
on factors such as hydrological systems, watershed characteristics, land use patterns,
riparian characteristics, stream types, and precipitation. However, conventional
statistical approaches (e.g., Spearman’s rank correlations or OLS regression) are
unable to capture this spatial variation, because they analyze average values for an
entire area. It is, therefore, difficult to develop area-specific watershed management
practices for policy-makers, government agencies, and land managers, owing to the
discrepancy between area-specific requirements and the conclusions drawn from
data averaged across entire regions.

A few statistical techniques have been proposed to address local variations
in land use effects, including the expansion method [14,15], spatial adaptive
filtering [16,17], and multi-level modeling [18]. One of the most simple and powerful
tools for dealing with the spatial heterogeneity of effects is geographically-weighted
regression (GWR) [19,20]. GWR estimates parameters for all sample points in a
dataset while taking into account non-stationary relationships. GWR can directly
and effectively explore the non-stationarity of a regression for spatial data by
locally calibrating a spatially-varying coefficient regression model. Due to its
simplicity and efficiency, GWR has been successfully applied in fields such as
forestry [21], economics [22,23], remote sensing [24], urban studies [25], and water
quality assessment [4,13].

In this study, we compared the performances of the OLS and GWR models in
explaining variation in biological indicators by the type of land use in the watershed,
water quality indicators, and the topographic variables of sampling sites. Using the
results of GWR models, we also investigated the contrasting effects of forests and
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developed areas in watersheds on biological indicators in streams. Forests and land
development have long been recognized as competing land uses in Korea. Typically,
land development in Korea involves removing forests and developing the land for
purposes such as residential housing, roads and industrial land. Therefore, the
watershed management practices of local governments must regulate the manner
in which forestland is developed to minimize adverse effects and ensure the water
quality and ecological integrity of streams. Understanding the area-specific effects
of forests and developed land on the ecological integrity of streams may be critical
for local governments to effectively regulate land transformation and manage
watersheds. One recent study found significant local variation in the effects of
land use on water quality in the Boston area [13]. In this study, relationships were
not consistent among different water quality parameters and land use indicators,
but rather depended on the level of urbanization within watersheds. Therefore, we
hypothesize that a similar non-stationarity may exist in the relationship between land
use (i.e., forested areas and developed areas) and biological indicators in streams.

In summary, the aims of this study were:
(a) To test the non-stationarity of land use effects on biological indicators through

a comparison of the OLS (global model) and GWR (local model) regression models,
for the three biological indicators of the trophic diatom index (TDI) (benthic diatom),
Korean saprobic index (KSI) (macroinvertebrate), and index of biotic integrity (IBI)
(fish) using the three criteria of R2, the AICc value [20], and Moran’s I [26] of the OLS
model and GWR model.

(b) To investigate the spatial distribution of land use effects on biological
indicators, including the TDI, KSI, and IBI.

2. Materials and Methods

2.1. Study Streams and Sampling Sites

Since 2007, the Ministry of Environment in Korea has monitored various
stream characteristics across the entire nation twice a year (in spring and fall)
under the National Aquatic Ecological Monitoring Program (NAEMP). The variables
measured include aquatic organisms in streams (benthic diatoms, macroinvertebrates,
and fish), habitat quality, and various physicochemical parameters. The data
generated by this program have been stored in a database in both spatial and
non-spatial formats. For monitoring purposes, the NAEMP has identified and
hierarchically-structured watersheds across the entire country, including the national
watershed management regions (NWMRs), base watershed management regions
(BWMRs), and sub-watershed management areas (SWMAs). The total number and
average area of the NWMRs are 21 and 5191.74 km2, respectively; the respective
values for BWMRs are 117 and 931.85 km2, and those for SWMAs are 840 and
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129.79 km2 [27]. Typically, NWMRs and BWMAs fall under the purview of the
national government, whereas local governments are concerned with SWMAs [11].

For the current study, we focused on a Nakdong national watershed management
region (NWMR) containing 22 BWMRs and 191 SWMAs (Figure 1). We decided to
use SWMAs as the study unit, because they are the basic unit of land use management
for local governments and the MOE. Furthermore, we expected that the relationships
between land use and biological indicators would be clearer at the SWMA level than
at the NWMR or BWMR level.

The NAEMP has set up monitoring networks consisting of 1200 target sampling
sites for the entire nation and 347 sites for the Nakdong river systems, including
reference sites. Although not always the case, the target number of sampling sites
under the monitoring program often corresponds approximately to the number
of SWMAs. Owing to a limited budget, only 149 sites among the 347 target sites
in the Nakdong river systems were monitored in 2011. As described earlier, we
selected only 191 SWMAs belonging to the Nakdong river systems for our analysis.
Some sampling sites in the study areas were not monitored in 2011, resulting in
148 sampling sites for the analysis (Figure 1).

The Nakdong River is the largest river within the Nakdong NWMR and the
longest river system in Korea (525 km), covering most of the southeastern part of the
Korean Peninsula. The majority of the streams in this watershed range from second
to eighth order. According to the Korean Meteorological Administration, there has
been no great change in precipitation over the last 30 years. The average annual
precipitation for the last 30 years in the study areas was 1064 mm. However, the
annual temperature has been gradually increasing from 12.9 ˝C in 1981 to 14.4 ˝C in
2010. The long-term annual average temperature for 1981–2010 was 14.1 ˝C, with
the lowest average monthly temperature in January (´12.8 ˝C) and the highest in
August (29.32 ˝C). Over the same period, average moisture and average wind speed
were 61.6 (%), and 2.7 (m/s), respectively. The annual mean evapotranspiration was
1305.7 (mm). It is also noteworthy that approximately two-thirds of the total annual
precipitation occurred during summer (June-September). Significant fluctuations in
seasonal precipitation and water-flow levels are common in this area, and droughts
often occur during winter and spring.

2.2. Biological Indicators and Water Quality

Using chemical parameters alone in stream management has been criticized
as not fully capturing ecosystem dynamics [28,29]. For example, these parameters
do not capture any information about the biological communities in streams [27].
Aquatic biota reflects the long-term cumulative effects of various anthropogenic
disturbances [30] and are, therefore, crucial indicators of the ecosystem health of
streams [28,31,32]. Various individual and aggregated indices for algae, macrophytes,
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macroinvertebrates, and fish have been proposed for the purposes of evaluating the
ecological condition of streams and rivers [33–38]. Accordingly, the NAEMP has
adopted and modified biological indicators for benthic diatoms, macroinvertebrates,
and fish, as well as metrics for habitat quality based on indicators developed in other
geographical areas (mainly North America and Europe). After reviewing a broad
range of indices, the NAEMP adopted the TDI of Kelly and Whitton [39] for diatom
communities, because it was developed based on the sensitivity and occurrence of a
limiting nutrient (PO4-P) in freshwater systems. The sensitivity of the original TDI
was evaluated using diatoms present in Korean rivers and streams, and the values for
major taxa were amended accordingly. To evaluate macroinvertebrate communities,
the NAEMP also adopted the KSI, which was constructed based on the method
of Zelinka and Marvan [40]. Later, the KSI was modified and improved following
the German standard method [41]. Since the introduction of the IBI by Karr [42],
an IBI-type model using fish assemblages has been adopted by many countries.
The 12 metrics originally proposed by Karr [42] were reduced to eight metrics after
analysis of their properties according to the ecological characteristics of Korean
fish assemblages in the NAEMP (for more detailed information on the biological
indicators used by the NAEMP, see Lee et al. [27]). In the present study, we analyzed
monitoring results from the NAEMP using TDI, KSI, and IBI in 2011, based on the
mean values of spring and fall, ranging from 0 (very poor condition) to 100 (excellent
condition) (Table 1). We adopted water quality parameters (biological oxygen
demand (BOD), total nitrogen (T-N), total phosphorous (T-P), and chlorophyll-a
(Chl-a)) as independent variables for biological indicators. We also measured mean
elevation and slopes within a 1 km buffer of sampling sites.

Table 1. Aquatic organisms and their biological indicators used in the NAEMP, and
their underlying indicators.

Aquatic Organism Parameters Descriptions References

Benthic diatoms TDI (Trophic
Diatom Index)

Diatom sensitivity and occurrence
in relation to a limiting nutrient
(PO4-P) in freshwater systems

Kelly and Whitton [39]

Macroinvertebrates KSI (Korean
Saprobic Index)

Index with representative
taxonomic groups and their
occurrences of macroinvertebrates

Zelinka and
Marvan [40]

Fish IBI (Index of
biotic Integrity)

Index using fish assemblages to
assess the effect of human
disturbance on streams and
watersheds with 8 metrics

Karr [42]
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Figure 1. The study area, the Nakdong national watershed management region. The area consists of 
191 sub-watershed management areas (SWMAs) and sampling sites in the National Aquatic 
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Figure 1. The study area, the Nakdong national watershed management region.
The area consists of 191 sub-watershed management areas (SWMAs) and sampling
sites in the National Aquatic Ecological Monitoring Program in Korea. The number
and locations of sampling sites roughly correspond to the SWMAs, which are the
base watershed management unit of the local government.

2.3. Land Uses and Topographic Variables

To calculate the proportions of land use in watersheds at the SWMA level, we
integrated the Land Use/Land Cover map released by the Ministry of Environment.
The Land Use/Land Cover map of the Ministry of Environment was generated using
the Landsat Thematic Mapper (30 m resolution) and Indian Remote Sensing-1C
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panchromatic (5.8 m resolution) images in 2007 and updated in 2011. The original
Land Use/Land Cover map of the Ministry of Environment classified land use
and land cover into 23 subcategories. For the current study, we reclassified the
23 subcategories into six categories: (a) developed areas including industrial,
residential, roads, commercial, and bare soils; (b) agricultural areas; (c) paddy areas;
(d) forested areas, including deciduous forest, coniferous forest, and mixed forest;
(e) grassy areas including grassland and golf courses; and (f) wetlands. The area
of each reclassified Land Use/Land Cover map category within each SWMA was
computed in ArcMap and converted into proportional data for analysis. However,
we included only two land use types for the study: forest and developed land. To
compute topographic variables, including elevation and slope, we created a 1 km
buffer from sampling sites, and computed the mean slope and elevation.

2.4. Geographically Weighted Regression (GWR) Model

OLS regression is the most common statistical tool used to explore the effects of
independent variables (e.g., proportions of land use types) on a dependent variable
(e.g., biological indicators). It is a global estimation technique that assumes spatial
stationarity of the regression relationship and generates a single regression equation
that best fits the variables for the entire study area. However, as discussed earlier,
this global estimation technique does not capture local variations in the relationship
between the proportions of different land uses and biological indicators. A typical
OLS model for the relationship between land use and biological indicators might be:

y “ β0 `

n
ÿ

i“1

βixi ` ε (1)

where y is the dependent variable (i.e., variance of biological indicators), β0 is the
intercept, β1 is the coefficient of variable xi (i.e., proportion of land use type i), n is
the number of independent variables (i.e., number of land use types), and ε is the
error term. To estimate the local variation in proportions of land use with the above
model, the locations of sampling sites need to be integrated into the equation as well:

yj “ β0
`

uj ` vj
˘

`

n
ÿ

i“1

βi
`

uj ` vj
˘

xi ` ε (2)

where uj and vj are the coordinates for each sampling location j, β0(uj+vj) is the
intercept for sampling location j, and β1(uj+vj) is the local coefficient of proportion
land use type i at location j [19,43–48]. From this perspective, the OLS model is a
special case of the GWR model in which the parameter surface is assumed to be
constant over space [20,44].
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Equation (2) is a base GWR model for the biological indicators in this study.
Rather than a single equation, it comprises an array of equations corresponding
to different sampling sites. In GWR, an observation is weighted according to its
proximity to sampling location j, with the result that the weighting of an observation
is no longer constant in the calibration but varies with j. GWR is calibrated by
weighting all observations around a sampling site using a distance decay function,
which assumes that the observed values closer to the sampling location have higher
impact on the local parameter estimates for the location [20,49]. The weighting
function can be expressed in the exponential distance decay form as follows:

wjk “ exp
´

´d2
jk {h

2
¯

(3)

where wjk is the weight of observation at sampling location k for the sampling location
j, djk is the distance (meters, in this study) between sampling locations j and k, and h
is referred to as the kernel bandwidth.

In GWR, there are two types of bandwidth options, fixed and adaptive. Fixed
kernel bandwidth uses a constant bandwidth over study areas. In contrast, adaptive
kernel bandwidth uses varying bandwidths based on data density: bandwidths
are larger in locations where data are sparse and smaller where data are dense.
In the current study, we used adaptive kernel bandwidth because of the inconsistent
sampling densities over the study areas. The GWR model generated estimates the
proportions for each land use type for each sampling site (i.e., local coefficient),
the values of t-tests on the local parameter estimates, the local R2, and the local
residuals. Non-stationary effects of land uses on biological indicators can, therefore,
be visualized by mapping coefficients, t-statistics, and R2 values over the study areas.

2.5. Model Comparisons

The relative performance of the OLS and GWR models can be assessed by
comparing R2 values, Akaike’s Information Criterion (AICc) [20], and spatial
autocorrelation of residuals (Moran’s I). Greater R2 values indicate that variance
in watershed land use explains a larger proportion of the variance in biological
indicators in streams. Lower AICc values indicate a closer approximation of the
model to the actual nature of the relationships between land uses and biological
indicators [50].

Similar to conventional correlation coefficients, Moran’s I, a measure of spatial
autocorrelation, ranges from ´1 to 1. When the value of Moran’s I for the residuals
of estimated models is close to zero, it suggests that the residuals are spatially
independent. When the value is close to ´1 or 1, it indicates that residuals are
strongly spatially dependent [51]. We used the embedded software ArcToolbox in
ArcMap to estimate GWR-derived and OLS-derived values for the TDI, KSI, and IBI
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indicators of benthic diatoms, macroinvertebrates, and fish, respectively, in the study
areas. ArcMap GIS was also used to compute Moran’s I value and to visualize the
non-stationarity of the effects of land uses in watersheds.

3. Results

3.1. Descriptive Statistics and Spatial Distributions

Ecological conditions measured by biological indicators, including TDI, KSI,
and IBI, varied greatly among sampling sites (Table 2). Very low biological indicator
values (near zero: very poor ecological condition) were observed at some sites, while
others had very high values (near 100: very good ecological condition). The mean
values of the TDI, KSI, and IBI within the study area were 43.27, 63.19, and 56.89,
respectively. Overall, the condition of macroinvertebrate assemblies in the study
areas was slightly better than the condition of benthic diatom or fish assemblies. The
standard deviation of KSI values suggested greater variance in KSI values than in
TDI or IBI values. Interestingly, all indicators reflected poor ecological conditions
along main streams and in downstream areas in the southeastern part of the study
region (Figure 2).
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Figure 2. Distribution of biological indicator (Trophic Diatom Index (TDI), Korean
Saprobic Index (KSI), and Index of Biotic Integrity (IBI)) values. Lower values (poor
ecological conditions) were observed primarily along the main river, while high
values (good ecological conditions) were observed in feeding streams. Notably,
downstream (southeast) areas tended to have lower values for all indicators.
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Table 2. Descriptive statistics of the variables used in the study. TDI, KSI, and
IBI are biological indicators. Proportions of land use types were computed at the
Sub-Watershed Management Area (SWMA) scale. Study areas varied greatly in the
proportion of land use types, biological indicator values, and topographic variables.

Variables min max mean SD

Biological
indicators

TDI (Benthic diatoms) 0.00 76.10 43.41 20.90
KSI (Macroinvertebrates) 5.80 97.30 62.73 24.14
IBI (Fish assembly) 6.30 96.90 56.79 22.22

Water quality
parameters

BOD (mg¨ L´1) 0.2 7.9 1.00 0.80
T-N (mg¨ L´1) 0.74 4.95 2.24 0.87
T-P (mg¨ L´1) 0.01 0.44 0.04 0.05
Chl-a (mg/m3) 2 8.2 1.05 0.88

Topographic
variables

Elevation (m) 1.57 904.11 154.86 154.05
Slope (%) 0.33 24.23 8.84 5.37

Proportions of
land use types

Forests (%) 26.67 95.54 63.84 15.29
Developed (%) 0.65 38.78 6.53 5.27

n = 138. Abbreviations: TDI, Trophic Diatom Index; KSI, Korean Saprobic Index; IBI,
Index of Biotic Integrity; BOD, biological oxygen demand; T-N, total nitrogen; T-P, total
phosphorous; Chl-a, chlorophyll-a.

The mean values of the BOD, T-N, and T-P were 1.0, 2.24, and 0.04, respectively,
indicating relatively good water quality in the areas investigated. However, the
large standard deviation of elevation and slope indicate complex topographic
characteristics in the study areas.

The relative proportions of each type of land use in watersheds also varied
greatly across the study areas. The dominant land use type in the study area was
forest (mean: 63.64%). Developed areas were relatively small, and concentrated
at several sites along the main river, particularly near the central and downstream
regions (Figure 3). As shown in Figure 3, several cities of various sizes were located
near/along the main stream. Daegu and Busan were the two largest cities, with
populations of 2.5 million and 3.5 million, respectively.

Before we undertook a detailed analysis, we considered the changes of the
biological indicators over the five years from 2008 through to 2012 to understand
the nature of the dataset (Figure 4). In 2011, there were changes in the biological
indicators. KSI and IBI had slightly higher values, while TDI had slightly lower
values, than the other years. Despite this fluctuation in the biological indicators
in 2011, we used 2011 monitoring data to match with the most up-to-date land
use/land cover data released by the Korean Ministry of Environment. Thus, there is
a possibility that models estimated using datasets for other years might be slightly
different from the model estimated using the 2011 dataset.
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areas (red) were located in several places along the main stream, particularly in the
middle and downstream areas.

3.2. Selecting the Best Predictors for Biological Indicators

Before estimating the OLS and GWR models for each biological indicator, we
conducted a preliminary regression analysis using the water quality parameters
(i.e., BOD, T-N, T-P), topographic variables (i.e., elevation and slope), and land use
parameters (i.e., developed areas, forested areas, agricultural areas, grass, wetland,
and bare soils) to select the best predictive variables. To select the best-fit model
for each biological indicator, we used the stepwise option in the SPSS for Windows
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software (SPSS Inc., Chicago, IL, USA) giving the R2, F-statistics, and t values (p < 0.05)
of each variable.
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In Table 3, a model with %forests, T-N, T-P, %bare soil, %wetland, and elevation
had the highest adjusted-R2 (0.41) value for the TDI. For the KSI, a model with
%developed areas and concentration of T-P had the highest R2 value (0.32, F = 22.50,
p < 0.01). The percentage of forests, concentration of T-P, BOD, and elevation were
the most significant variables for explaining the variance of IBI in the study region
(adjusted-R2 = 0.42, F = 26.01, p < 0.01). From a land use perspective, the proportions
of forests, developed areas, wetland, and grass in the watershed seemed to be
significant variables for explaining the variances of the TDI, KSI, and IBI. In terms
of water quality parameters, the concentration of T-P was the most significant
determinant for all indicators, while the concentration of T-N and BOD was the
most significant variable only for TDI and IBI, respectively.

Table 3. Preliminary regression estimations used to select effective variables for
model estimations.

Biological Indicator R2 Effective Predictors F-Values

TDI (Benthic diatoms) 0.41 %forests, T-N, T-P, %bare soil,
%wetland, elevation 16.71 **

KSI
(Macroinvertebrates) 0.32 %developed areas, T-P,

%grass 22.50 **

IBI (Fish) 0.42 %forests, T-P, BOD, elevation 26.01 **

n = 138, * p < 0.05, ** p < 0.01. Abbreviations: TDI, Trophic Diatom Index; KSI, Korean
Saprobic Index; IBI, Index of Biotic Integrity; BOD, biological oxygen demand; T-N, total
nitrogen; T-P, total phosphorous; Chl-a, chlorophyll-a.
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In most previous studies dealing with the relationships between land use and
water quality, the proportion of forest in the watersheds had a strong positive
relationship with water quality parameters, while the percentage of developed
areas had a strong negative relationship with water quality [1–4] and biological
indicators [5–12]. However, it was rare for both variables to be significant in a
regression model due to a negative mutual relationship. In our preliminary analysis,
there was a strong negative correlation between %forest and %developed areas
(r = 0.61) in the study areas. Despite there being other variables affecting the
biological indicators, we focused on only two contrasting land use types (i.e., forest
and developed areas) in our study. In particular, we investigated the spatial pattern
of the coefficients of these two variables in GWR models for the TDI, KSI, and IBI
when holding the other significant determinants constant.

3.3. Comparison between OLS and GWR Models

We compared the performance of the general OLS (global) and GWR (local)
models for the TDI indicators (Table 4). In the global model, forest land had a
positive effect (b = 0.25, β = 0.18) on TDI indicators, while the concentration of
T-P and T-N had negative effects (b = ´111.38, β = ´0.32, b = ´4.98, β = ´0.21).
Thus, a higher proportion of forest in watersheds may enhance the benthic diatom
communities of streams. Conversely, a higher concentration of T-P and T-N had
adverse effects on benthic diatom communities. The percentage of bare soil in the
watershed appeared to have a negative impact on the TDI (b = ´3.44, β = ´0.24),
while the percentage of wetland had a positive influence on the TDI (b = 5.27,
β = 0.19). Elevation also had a positive effect on the TDI of streams (b = 0.02,
β = 0.15). In the global model (OLS model), the intercept, land uses in watersheds
(e.g., proportion of forest, bare soils, and wetland), water quality parameters (e.g.,
concentrations of T-N and T-P), and topographic characteristics (e.g., elevation) were
significant at p < 0.01, and the global model was also significant overall (F = 16.71,
p < 0.01).

The adjusted R2 of the global model was 0.41, indicating that 41% of the variance
in the TDI across streams in the study area could be explained by three land use
variables, two water quality parameters, and one topographic variable, while the
remaining 59% was not explainable with these six variables. The R2 value of the
GWR model was 0.44, which was slightly higher than the R2 value of the OLS model,
suggesting that the GWR model performed better than the OLS model in explaining
the variance of the TDI in the study areas. Similarly, the AICc values of the global
and local models were 1165.43 and 1159.81, respectively. The lower AICc values of
the GWR model also suggested a closer approximation of the model to the actual
nature of the relationships between the dependent variables and TDI indicators. The
Moran’s I value of the residuals in the local model was ´0.10, which was slightly
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higher than in the global model (´0 09). However, the difference in the Moran’s I
values for the two models was very small (0.01).

Table 4. Results of the OLS (global) and GWR (local) models for the TDI. The higher
R2 values and lower AICc values of the GWR model indicates that it explains more
of the variance in the TDI.

Variables
OLS Model (Global Model) GWR model 1)

(Local Model)b β t-value

Intercept 41.55 - 4.22 ** -
% Forests 0.25 0.18 2.22 ** -

T-P ´111.88 ´0.32 ´4.34 ** -
T-N ´4.98 ´0.21 ´3.04 **

%Bare soil ´3.44 ´0.24 ´2.95 **
%Wet land 5.27 0.19 2.38 **
Elevation 0.02 0.15 2.09 *

F-value 16.71 **
Adjusted R2 0.41 0.44

AICc 1165.43 1159.81
Moran’s I 2) ´0.09 ´0.10

Abbreviations: T-P, total phosphorous; T-N, total nitrogen; AICc, Akaike’s Information
Criterion. 1) Coefficients of the intercept and other variables in the GWR model vary from
observation to observation; 2) Spatial autocorrelation index of residuals. n = 138, * p < 0.05,
** p < 0.01.

As discussed previously, the relative performance of the OLS and GWR models
can be assessed based on the R2, AICc, and Moran’s I values of model residuals.
Comparisons of these criteria suggested that the local model (GWR) performed
better in explaining the variance of the TDI in the study areas and the presence of
non-stationarity in the relationships between dependent variables, including the
proportion of forest and TDI over space. The presence of non-stationarity suggested
that the influence of forest on the TDI might vary over the study areas.

For the KSI, the proportion of the variation explained by the OLS model was
modest (R2 = 0.33) (Table 5). About 32% of the KSI variance could be explained
by the percentage of developed areas in the watershed (b = ´2.87, β = ´0.33), the
concentration of T-P (b = ´100.96, β = ´0.25), and the percentage of grass areas
(b = ´4.77, β = ´0.19), while the remaining 68% could not be explained by these
variables. The high F- statistic (23.5, p < 0.01) for the OLS model suggests that
this model was significant for the KSI. The results of this model further suggested
an inverse relationship between the proportion of developed land in watersheds
and the KSI values of streams. From a land use perspective, the proportion of
developed land had the highest β value (´0.33) among the effective independent
variables, including the concentration of T-P (β =´0.25) and proportion of grass areas
(β = ´0.19) in the OLS model.
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Table 5. Results of the OLS (global) and GWR (local) models for the KSI. The similar
values of R2, AICc and Moran’s I of the two models suggest a similar performance
in explaining the variance of KSI in the study areas.

Variables
OLS Model (Global Model) GWR Model 1)

(Local Model)b β t-value

Intercept 85.31 - 25.56 ** -
% Developed ´2.87 ´0.33 ´4.15 ** -

T-P ´100.96 ´0.25 ´3.36 ** -
%Grass ´4.77 ´0.19 ´2.47 **

F-value 22.50 **
Adjusted R2 0.32 0.32

AICc 1215.70 1217.88
Moran’s I 2) ´0.04 ´0.06

Abbreviations: T-P, total phosphorous; AICc, Akaike’s Information Criterion. 1)

Coefficients of the intercept and other variables in GWR model vary from observation to
observation; 2) Spatial autocorrelation index of residuals. n = 138, * p < 0.05, ** p < 0.01.

The GWR model had the same R2 value (0.32) as the OLS model (0.32),
suggesting that the GWR model explains almost the same amount of variance as the
KSI. Furthermore, the similar AICc values of the OLS (1215.70) and GWR (1217.88)
models revealed that both described the relationship between the independent
variables and KSI to a similar degree of accuracy. The spatial autocorrelation indexes,
measured by Moran’s I values, of the OLS (´0.04) and GWR (´0.06) models were
very similar, suggesting that there was no significant spatial dependency of the
residuals in the two models. The comparison between the two models of the KSI also
indicated that non-stationarity effects were not present in the relationships between
the KSI and independent variables, including the proportion of developed areas, the
concentration of T-P, and the percentage of grass areas in watersheds.

For the IBI, the results of the global (OLS) model indicated that IBI values
increased significantly with the proportion of forest within watersheds (b = 0.47,
β = 0.32, p < 0.01) and elevated land (b = 0.03, β = 0.18, p < 0.01). Conversely, the
IBI values were inversely related to the concentration of T-P (b = –81.91, β = ´0.23,
p < 0.01) and BOD (b = ´5.99, β = ´0.22, p < 0.01). The adjusted R2 of the global
model was 0.42, indicating that ~42% of the variance in the IBI among streams can
be explained by the four variables of forests, T-P, BOD, and elevation. The F-value
(26.57) of the OLS model was significant (p < 0.01) (Table 6).

The R2 value of the GWR model (0.49) was considerably higher than that of
the OLS, and suggested that ~49% of the variance in the IBI among study sites
could be explained by the proportions of forests, T-P, BOD, and elevation. The
GWR model also had a lower AIC value (1165.13) than that of the OLS model
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(1171.27). Both the higher R2 value and the lower AIC value strongly indicate
that the GWR model performed better in terms of explaining the IBI variance and
approximating reality. Furthermore, the lower Moran’s I value (–0.01) of the GWR
model compared with the OLS model (0.07) indicates that the residuals in the former
model exhibited less spatial dependency. The higher R2, lower AICc and lower
Moran’s I of the GWR model strongly suggest the presence of non-stationarity
between the independent variables and IBI in the study areas. The presence of
non-stationarity in the relationships suggests that the influence of the proportion of
forest, along with other independent variables, might vary stream by stream in the
study areas.

Table 6. OLS (global) and GWR (local) model results for the IBI. The higher R2

values and lower AICc values indicate that the GWR model explains more of the
variance in the IBI. The considerably lower Moran’s I value of the GWR model
indicates a superior performance compared to the OLS model.

Variables
OLS Model (Global Model) GWR Model 1)

(Local Model)b β t-value

Intercept 33.23 - 4.25 ** -
% Forests 0.47 0.32 4.19 ** -

T-P ´81.91 ´0.23 ´3.00 ** -
BOD ´5.99 ´0.22 ´2.93 **

Elevation 0.03 0.18 2.48 **

F-value 26.01 **
Adjusted R2 0.42 0.49

AICc 1171.27 1165.13
Moran’s I 2) 0.07 ´0.01

Abbreviations: T-P, total phosphorous; BOD, biological oxygen demand; AICc, Akaike’s
Information Criterion. 1) Coefficients of the intercept and other variables in GWR
model vary from observation to observation; 2) Spatial autocorrelation index of residuals.
n = 138, * p < 0.05, ** p < 0.01.

Overall, the results of the OLS models (Tables 4–6) indicated that the selected
variables for each biological indicator could explain ~41%, 32%, and 42% of the
variance in the TDI, KSI, and IBI, respectively. No considerable differences between
the OLS and GWR models were observed for the KSI indicators. The estimated OLS
and GWR models of the KSI had almost the same R2, AICc, and Moran’s I values
suggesting that there might be no non-stationary effects of land use, water quality,
and topographic variables for the KSI models. Compared to the OLS model, the
considerably higher R2 value and β-value of the GWR model for the TDI and IBI
indicated that, according to this model, the TDI and IBI were more sensitive to the
heterogeneity of forest coverage than the KSI. Therefore, a higher percentage of forest
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land in watersheds may substantially enhance the ecological conditions as measured
by the RDI and IBI, and the relationships between forests and two indicators (i.e.,
TDI and IBI) might vary over space (i.e., non-stationary effects). Interestingly, the
negative impacts of developed areas were found only in the OLS model for the KSI
implying that the higher proportion of developed areas in watersheds can adversely
affect the KSI to a greater extent than the other biological indicators.

Positive influences of forests were found in the TDI and IBI models, suggesting
that a higher proportion of forests in watersheds may enhance the TDI and IBI in
streams. Interestingly, land use (developed areas or forests) in watersheds appeared
to be a more significant variable than water quality parameters or topographic
variables in the KSI and IBI models. In the TDI model, a water quality parameter
(i.e., T-P) was more significant than land use or topographic variables.

In contrast to the OLS model, the GWR model assumes non-stationarity in
the relationship between a dependent variable (i.e., a biological indicator) and
independent variable (i.e., the proportions of forest or developed land in watersheds).
In the comparison of the performance of the OLS and GWR models, the GWR models
of the KSI were not able to better explain the variances of the KSI in the study areas.
However, the GWR model of the TDI and IBI clearly performed better than the
OLS model in terms of the R2, AICc, and spatial autocorrelation index values (i.e.,
Moran’s I). The GWR model is based on non-stationary effects (Equation (2)), while
the OLS model is based on stationary effects (Equation (1)). Therefore, the superior
performance of the GWR models strongly suggests non-stationarity in the effects of
land use (i.e., forests) on biological indicators (i.e., the TDI and IBI). The OLS model
might be an effective tool for understanding regionally averaged effects of land use
on ecological conditions, but this global model cannot capture local variations in such
effects. For some watersheds and indicator types, the OLS model might overestimate
or underestimate the effects of land use.

3.4. Description of Local Estimated Land Use Effects in GWR models

In the GWR models, descriptive statistics for local R2 and land use coefficients
for the TDI, KSI, and IBI vary greatly in each GWR model (Table 7). For example,
the proportion of forest with other variables in the local (GWR) TDI model could
explain about 38% (minimum) of the variance in the TDI among streams in some
watersheds, while it could explain 48% (maximum) of the variance in the TDI among
other streams. Similarly, the coefficients of the proportions of forest varied to a
considerable degree among watersheds, ranging from 0.08 to 0.31. Despite this
variation, TDI values always increased with the proportion of forest land. The
mean R2 and coefficient values for forests in the local TDI model were 0.44 and
0.20, respectively.
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Table 7. Descriptive statistics for R2 and coefficients in GWR models. The R2 and
local coefficients of the proportion of forests in the Trophic Diatom Index (TDI) and
Index of Biotic Integrity (IBI) models, and developed land in the Korean Saprobic
Index (KSI) model vary greatly over space.

Estimated GWR Models min max mean SD

TDI model
Local R2 0.38 0.48 0.44 0.03

Coefficient of %Forests 0.08 0.31 0.20 0.08

KSI model
Local R2 0.15 0.41 0.32 0.09

Coefficient of
%Developed –3.12 –2.31 –2.79 0.25

IBI model
Local R2 0.27 0.54 0.49 0.06

Coefficient of %Forests ´0.03 0.98 0.39 0.30

n = 138.

Similarly, we also found a large degree of variance in R2 values and the
coefficients of developed land in the local KSI model. In particular, the changes
of R2 values in the KSI models surprisingly varied watershed by watershed. In some
watersheds, the proportion of developed areas and other variables explained a small
proportion of the KSI variance (15%), while in other areas they explained up to 41%
of the variance. The proportion of developed areas in watersheds had a negative
relationship with the KSI, ranging from ´3.12 to ´2.31.

The R2 of the GWR model for the IBI also varied considerably among the study
areas, ranging from 0.27 to 0.54. This variance indicates that the proportion of forests,
T-P, BOD, and elevation were not consistently able to explain IBI values over space.
Although the effect varied significantly (´0.03 –0.98), higher proportions of forest in
watersheds were associated with increased IBI values in streams. The mean value
for the coefficient of the proportion of forest areas was 0.39, the minimum value was
´0.03, and the maximum value was 0.98. It is interesting to note that, while in most
watersheds the proportion of forests was associated with increased IBI values for
streams, in some watersheds forests had a negligible (or even negative) relationship
with IBI values (Table 7). The standard deviation of %developed (SD = 0.25) land in
the KSI local model and %forest (SD = 0.30) in the IBI local model were relatively high.

Scatterplots between observed and predicted values of the TDI local model
indicate that most sites fell within the 95% confidence range of the estimated GWR
model. It seemed that the observed values in the low range of TDI values were
underestimated in the GWR model (Figure 5a). The KSI-GWR model showed a clear
relationship in the middle–high range of KSI values. The GWR model overestimated
in the range of observed KSI values from 20 to 40, while it underestimated in the range
from 0 to 20. Seven watersheds were outside the 95% confidence interval (Figure 5b).
The IBI-GWR model produced an even more complex estimation pattern. In the high
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range, three watersheds were overestimated, and one watershed was underestimated.
In the middle range, one was overestimated and one was underestimated. In the
low range of IBI values, two watersheds were underestimated in the GWR model
(Figure 5c).Water 2016, 8, 120 15 of 22 
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(b) KSI, and (c) IBI in estimated GWR models.

3.5. Spatial Distribution of the Estimated Parameters of GWR models

GIS mapping technology is an effective means of visualizing the variability of
local R2 and land use coefficients in local GWR models for the TDI, KSI, and IBI
indicators (Figure 6). Within the study region, higher R2 values (dark red dots) of the
GWR model for the TDI indicator (Figure 6a) were observed mostly in the upstream
areas, while lower R2 values (cream color) were located mainly in the middle stream
areas. In these regions, the forests and other variables explained a relatively small
proportion of the TDI variability. Higher forest coefficient values (dark red) were
concentrated in downstream areas, suggesting a relatively higher influence of forests
on the TDI in these areas. In contrast, lower coefficients for forest in the estimated
GWR model were observed mostly in middle-stream areas, while the upstream areas
produced mid-range coefficients for forests (red dots). Despite the spatial variation,
TDI values were always increased by forests (Figure 6a).

314



Water 2016, 8, 120 16 of 22 

 

 
(c) 

Figure 5. The relationships between observed and predicted values of (a) TDI, (b) KSI, and (c) IBI in 
estimated GWR models. 

3.5. Spatial Distribution of the Estimated Parameters of GWR models 

GIS mapping technology is an effective means of visualizing the variability of local R2 and land 
use coefficients in local GWR models for the TDI, KSI, and IBI indicators (Figure 6). Within the study 
region, higher R2 values (dark red dots) of the GWR model for the TDI indicator (Figure 6a) were 
observed mostly in the upstream areas, while lower R2 values (cream color) were located mainly in 
the middle stream areas. In these regions, the forests and other variables explained a relatively small 
proportion of the TDI variability. Higher forest coefficient values (dark red) were concentrated in 
downstream areas, suggesting a relatively higher influence of forests on the TDI in these areas. In 
contrast, lower coefficients for forest in the estimated GWR model were observed mostly in middle-
stream areas, while the upstream areas produced mid-range coefficients for forests (red dots). Despite 
the spatial variation, TDI values were always increased by forests (Figure 6a). 

(a)

Coefficient 
of %forestLocal R2

Water 2016, 8, 120 17 of 22 

 

(b)

(c)

Figure 6. Spatial distribution of R2 and land use coefficients in local models for the TDI (a), KSI (b), 
and IBI (c) indicators. Unlike the OLS model, the GWR model showed great spatial variance of the R2 
and land use coefficients for each biological indicator. 

Higher R2 values in estimated GWR models for TDI and IBI were observed in upstream areas, 
where forests were relatively well preserved and land development was less extensive. Conversely, 
the higher R2 values in the estimated GWR model for the KSI were concentrated in downstream areas. 
Interestingly, both the proportion of forest and developed areas had relatively higher coefficient 
values in downstream areas in the estimated GWR models for the TDI, KSI, and IBI. 

4. Discussion 

Forests and developed land have contrasting effects on stream biological communities (e.g., 
diatoms, macroinvertebrates, and fish) in watersheds. Previous studies have shown that greater 
proportions of forest coverage are consistently associated with a more favorable ecological status for 
streams [5–7,52–57]. In contrast, greater proportions of developed land in watersheds are consistently 
associated with significantly poorer ecological conditions, as measured by various biological 
indicators [6,7,52,53,56,58–61]. Adverse effects of agricultural land use in watersheds on biological 
indicators are also well documented [7,11,62,63]. 

Coefficient 
of %developedLocal R2 

Coefficient 
of %forest Local R2

Figure 6. Cont.

315



Water 2016, 8, 120 17 of 22 

 

(b)

(c)

Figure 6. Spatial distribution of R2 and land use coefficients in local models for the TDI (a), KSI (b), 
and IBI (c) indicators. Unlike the OLS model, the GWR model showed great spatial variance of the R2 
and land use coefficients for each biological indicator. 

Higher R2 values in estimated GWR models for TDI and IBI were observed in upstream areas, 
where forests were relatively well preserved and land development was less extensive. Conversely, 
the higher R2 values in the estimated GWR model for the KSI were concentrated in downstream areas. 
Interestingly, both the proportion of forest and developed areas had relatively higher coefficient 
values in downstream areas in the estimated GWR models for the TDI, KSI, and IBI. 

4. Discussion 

Forests and developed land have contrasting effects on stream biological communities (e.g., 
diatoms, macroinvertebrates, and fish) in watersheds. Previous studies have shown that greater 
proportions of forest coverage are consistently associated with a more favorable ecological status for 
streams [5–7,52–57]. In contrast, greater proportions of developed land in watersheds are consistently 
associated with significantly poorer ecological conditions, as measured by various biological 
indicators [6,7,52,53,56,58–61]. Adverse effects of agricultural land use in watersheds on biological 
indicators are also well documented [7,11,62,63]. 

Coefficient 
of %developedLocal R2 

Coefficient 
of %forest Local R2

Figure 6. Spatial distribution of R2 and land use coefficients in local models for
the TDI (a), KSI (b), and IBI (c) indicators. Unlike the OLS model, the GWR
model showed great spatial variance of the R2 and land use coefficients for each
biological indicator.

Higher R2 values in estimated GWR models for TDI and IBI were observed in
upstream areas, where forests were relatively well preserved and land development
was less extensive. Conversely, the higher R2 values in the estimated GWR model for
the KSI were concentrated in downstream areas. Interestingly, both the proportion of
forest and developed areas had relatively higher coefficient values in downstream
areas in the estimated GWR models for the TDI, KSI, and IBI.

4. Discussion

Forests and developed land have contrasting effects on stream biological
communities (e.g., diatoms, macroinvertebrates, and fish) in watersheds. Previous
studies have shown that greater proportions of forest coverage are consistently
associated with a more favorable ecological status for streams [5–7,52–57]. In contrast,
greater proportions of developed land in watersheds are consistently associated
with significantly poorer ecological conditions, as measured by various biological
indicators [6,7,52,53,56,58–61]. Adverse effects of agricultural land use in watersheds
on biological indicators are also well documented [7,11,62,63].

Our OLS models for the TDI, KSI, and IBI indicators confirmed previous research
reporting negative effects of developed land (e.g., urbanized or impervious areas)
and positive effects of forest on biological indicators in watersheds. Forests had
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positive impacts on the TDI and IBI, while developed areas had a negative influence
on the KSI.

Most previous studies focusing on the relationship between land use in
watersheds and the ecological conditions of streams have adopted conventional
correlation or regression methods, which are unable to capture spatial variability
among study sites. However, land development in watersheds alters not only the
watershed itself, but also various environmental conditions in adjacent streams (e.g.,
water temperature, stream channel morphology, and the dynamics of sediments and
water). Land development also affects hydrologic regimes and increases pollutant
loads. These factors may have independent or interacting impacts on aquatic
organisms [64]. Furthermore, different regions vary greatly in their topography (e.g.,
elevation, slope, soil type, etc.), watershed characteristics (e.g., size, composition,
and distance from main cities), and stream environments (e.g., stream order, type
and width; channel type; sediments; riparian areas). Therefore, it is unreasonable to
assume that all landscapes, watersheds, and streams are affected in the same way
and to the same degree by the presence of developed land or forests.

Our GWR models for the TDI and IBI strongly suggested a non-stationarity in
the influence of forest in the watershed. Significant differences between the OLS and
GWR models for the TDI and IBI in terms of R2, AIC, and Moran’s I values (Tables 4
and 6) suggested a better performance of the GWR models for explaining the variance
of TDI and IBI in streams. This provides strong evidence that the effects of forests on
the TDI and IBI indicators were non-stationary. Magner et al. (2008) [62] reported
similar results, indicating that land use effects on biological parameters in streams
could vary by location due to the localized geology. In their study on grazed riparian
management and stream channel responses in Southeastern Minnesota streams, they
found that land use metrics had no significant relationship with ordination axes,
and they explained that the localized geology associated with producing stream bed
cobbles has a stronger influence on the site than the land uses in the watershed.

However, as pointed out by Brunsdon et al. [43,44], it is difficult to measure
the underlying mechanisms of spatial variability in the effects of land. Potential
contributors to this spatial variability include differences in watershed characteristics,
pollution sources, and degrees of urbanization [4,13]. In addition, variables such as
topography, stream environments, and precipitation levels may also play a role in
spatial variability. We tried to include available water quality variables (i.e., BOD,
T-N, and T-P) and topographic variables (elevation and slope) when estimating the
OLS and GWR models.

However, the reason for using these models was not to investigate the
underlying mechanisms of the variables used in estimating the models. The OLS
model was used to determine the overall influence of land uses in water environments
(i.e., water quality parameters and topographic variables) on biological indicators,
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regardless of the location of sampling sites, while the GWR was used to investigate
the spatial variation of land uses on biological indicators. To understand the
mechanism of land use effects on biological indicators, the use of a structural equation
modeling (SEM) [65] and path analysis [66] should be considered. Nevertheless,
our GWR models clarify our understanding of the localized responses of stream
organisms to land use. Given the complexity of this system, it is beyond the scope
of the present study to measure all of the factors affecting the spatial variability
of the effects of land use and the underlying mechanism of the pathways that
influence them.

5. Conclusions

Many previous studies investigating the relationship between land use and the
ecological response of stream biota have used correlation and regression analyses
(OLS), which assume stationarity of the effects. However, in the present study,
we found that the relationship between land use and stream ecology was spatially
variable (i.e., non-stationary). We used OLS models (global) and GWR models (local)
to analyze the effects of contrasting land uses (forest and developed land) on the
TDI, KSI, and IBI indicators, representing the ecological status of benthic diatom,
macroinvertebrate, and fish assemblages, respectively. The performances of these
two types of models were then compared based on R2, AIC, and Moran’s I values.
Compared with the OLS models of the TDI and IBI, the GWR models of the TDI
and IBI were better able to reveal details of the effects of particular land use types in
specific locations; however, OLS models may be more useful in other applications.
For example, OLS models may provide an effective means of assessing general trends
within larger regions. Furthermore, OLS models may be more practical for creating
environmental policies, while GWR may be more useful for effectively applying such
policies to specific target streams or watersheds.

The effects of land use in watersheds can also vary among stream organisms.
R2 and land use coefficients varied considerably among GWR models for different
biological indicators, suggesting that different biological assemblages respond to
different land uses in different ways. Differences in the sensitivities of biological
assemblages to land use may help explain the observed variations in R2 and land
use coefficients.

Although the present study demonstrates the utility of GWR models
for understanding location-specific relationships between land use and stream
communities, some critical questions remain to be answered. In particular, it will
be important to investigate the underlying mechanisms of the impact of forest
and developed land on stream biota, as well as for the spatial variability in these
effects. We discuss several potential explanatory factors above; however, these
will be challenging to study if they vary significantly among study sites. Further
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studies are, therefore, needed to elucidate more fully the effects of land use on stream
biological communities, the reasons for their spatial variation, and the associated
principles that can be derived, to manage the ecological integrity of streams more
intelligently and effectively. It may also be possible to use regression tree analysis [67],
SEM [65], path analysis [66], and non-metric multidimensional scaling [68,69] to
explore the underlying mechanism of land use effects on biological indicators in
streams, avoiding spatial autocorrelation issues, and to support decision-makers in
watershed-specific land use management in minimizing the adverse impacts of land
use on ecological communities of streams.
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Integrated Ecological River Health
Assessments, Based on Water Chemistry,
Physical Habitat Quality and
Biological Integrity
Ji Yoon Kim and Kwang-Guk An

Abstract: This study evaluated integrative river ecosystem health using stressor-based
models of physical habitat health, chemical water health, and biological health of
fish and identified multiple-stressor indicators influencing the ecosystem health.
Integrated health responses (IHRs), based on star-plot approach, were calculated
from qualitative habitat evaluation index (QHEI), nutrient pollution index (NPI),
and index of biological integrity (IBI) in four different longitudinal regions (Groups
I–IV). For the calculations of IHRs values, multi-metric QHEI, NPI, and IBI models
were developed and their criteria for the diagnosis of the health were determined.
The longitudinal patterns of the river were analyzed by a self-organizing map (SOM)
model and the key major stressors in the river were identified by principal component
analysis (PCA). Our model scores of integrated health responses (IHRs) suggested
that mid-stream and downstream regions were impaired, and the key stressors
were closely associated with nutrient enrichment (N and P) and organic matter
pollutions from domestic wastewater disposal plants and urban sewage. This
modeling approach of IHRs may be used as an effective tool for evaluations of
integrative ecological river health.

Reprinted from Water. Cite as: Kim, J.Y.; An, K.-G. Integrated Ecological River
Health Assessments, Based on Water Chemistry, Physical Habitat Quality and
Biological Integrity. Water 2015, 7, 6378–6403.

1. Introduction

Recent studies of river ecosystems [1–3] pointed out that integrated ecological
health assessment is one of the key issues for efficient river management and
is frequently used as a tool for the identification of major factors in impaired
ecosystems. The degradation of river ecosystem health is largely associated with
chemical pollution and physical habitat alterations due to rapid industrialization
and urbanization [4–7]. Especially, stream ecosystems are rapidly disturbed by
heavy sources of pollution such as industrial effluents [8], municipal wastewater
discharges [9] and intense agricultural activities [10]. These sources of pollution
may modify longitudinal patterns in nutrients (N and P) and physical habitat
from headwaters to downstream near estuaries, and these directly or indirectly
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influence ecological functions of trophic compositions and tolerance species in aquatic
biota [11–13]. Thus, comprehensive indicator analysis of each component in river
ecosystems are necessary for assessing and diagnosing the river health, but still little
is known about the integrated approach in river health assessments.

Earlier studies on stream/river health have traditionally focused on chemical
monitoring due to analytical easiness of chemical condition [14]. Recent paradigms
of stream health assessments, however, pointed out that chemical monitoring alone
may not be enough for assessing the status of integrative ecological health and thus
further biological and ecological health assessments of aquatic systems are necessary
for effective management [15–17]. Complex outcomes on habitat modifications
arising from channelization, barriers, and altered flow regimes [18] demonstrated
partially some reasons why ecological health is modified in the assessments. An
integrative ecological health approach is required to identify key factors influencing
chemical water quality, physical habitat and biological conditions [15,19,20]. Despite
these facts, stream monitoring and assessments for broad goals and management
objectives were largely demonstrated by each chemical, physical, and biological
criteria, respectively [21].

The assessments of stream and river health were conducted by multi-metic
models based on different trophic-level taxa of aquatic organisms along with physical
habitat models of Habitat Quality Index (HQIs; [22]). Early studies of Winget and
Mangum [23] and Platts et al. [24] used Biotic Condition Index (BCI; [23]) for the
health assessments, and later biological integrity concepts have been widely applied
for evaluating the ecological health of river ecosystems. The concept of “Rapid
Bioassessment Protocol” (RBP), developed by US EPA [25], was largely applied to
many other countries. This concept, based on the index of biological integrity (IBI)
using fish assemblage, was originally developed by Karr [15], and the concept was
used with qualitative habitat evaluation index (QHEI; [26]) as an important factor of
numerous physical parameters in the health assessments.

The key biota used most frequently in the assessments of river ecosystem health
are periphyton or aquatic plants, as an indicator of primary production [25,27,28],
macroinvertebrates as an indicator of primary consumers [25,26], and fish as an
indicator of primary and top consumers [29,30]. Fish indicator among the biota
was most widely used in other Asian [31] and European countries [32,33] as well
as in North America (USA [34] and Canada [35]). The biological integrity models
using fish assemblages have been regionally developed [36,37] and adapted by
many countries in North America [38,39], Europe [40], South America [41,42] and
Africa [43–45]. These studies suggested that fish is one of the best indicators
for health assessments of aquatic ecosystems due to following characteristics of
easiness to collect and identify in the field, longevity in the water during their
entire life, and sensitive response to change of water chemistry and physical habitat.
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Fish taxa are effectively used in assessing long-term damage with environmental
modification, the population growth, obesity and fish health conditions [46]. For
these reasons, fish was used in various research approaches from micro-level
biomarkers of DNA [47], cellular [48], physiological [25], histopathological assays [49]
to macro-level bioindicators of organism, population and community [50,51], and
these studies inferred the river/stream health using the different organization of
the fish. Low-level health response could identify the potential effects on DNA,
cellular and physiological levels of organisms, thus diagnosed the impaired health
influenced on chemical pollutants and disturbance [52,53]. Major problem of these
studies, however, were short-term response and ecological relevance is low [54].
Thus, Adams and Greeley [48] pointed out that integrative multi-metric modeling,
based on population or community-levels is required for actual assessments of
ecological health assessments [54].

The objective of this study was to evaluate the ecological health of Nakdong
River in Korea using an integrated health responses (IHRs) model based on chemical
water quality, physical habitat and biological parameters. We developed an original
national model of index of biological integrity (IBI) using fish assemblages in 2006
and the model was applied to more than 1000 wadable streams and rivers in Korea.
However, it was not enough to diagnose the stream health using only fish variables.
Thus, the government required a new methodology for “integrative stream health
assessments” and this research was part of that. Our hypothesis was that the single
IBI model might not assess the overall ecological health in Korean stream ecosystems
because the model did not cover the physical habitat conditions of the stream and
also did not include chemical pollution (nutrient pollution). The integrative health
assessments, based on the overall parameters of physical, chemical and biological
variables, were required in the national health assessments. Our integrative stream
health assessments provide key identification of key factors in a problem in the
stream health degradations to the Ministry of Environment, Korea, so our research
suggests which factor (physical, chemical or biological components) should be
restored in the Korean stream ecosystem. Under the hypothesis, we developed
an integrative health assessment methods to evaluate (1) the overall ecological health
condition of a specific watershed (Nakdong River) of Korean stream ecosystems
using biological assessments; (2) nutrient pollution (N, P, biochemical oxygen
demand (BOD), and chemical oxygen demand (COD)); and (3) physical habitat
health (QHEI model), which is one of the key stressors damaging the Korean stream
ecosystems. The outcomes of this research were intended to serve as a starting point
for Korean government to eventually establish overall assessment approaches and
ecological health criteria, and specifically a new integrative modeled for Korean
stream ecosystem. The comprehensive approach has been used to demonstrate the
river ecosystems health. Chemical health was evaluated using the nutrient pollution

326



index (NPI) developed in this study. Physical habitat health was determined using the
qualitative habitat evaluation index (QHEI) and biological health was determined
using the index of biological integrity (IBI). Based on these models, integrative
ecological health was compared using a star-plot approach. This IHRs approach
can be used as a key tool for the integrative ecological health assessments of river
ecosystems. In addition, these approaches provide valuable results for effective
management and restoration of river ecosystems in the future.

2. Materials and Methods

2.1. Study Sites

This study was conducted in the Nakdong River watershed with the length of
525 km and basin area of 23,860 km2, South Korea (Figure 1), which is located in the
southeast of the Korean Peninsula (35◦–36◦ N, 128◦ E). Nakdong River watershed
is influenced by various point/non point sources of pollution such as wastewater
disposal plants and urban sewage from several tributaries of Yeong River, Geumho
River, Hwang River, Nam River, and Miryang River. Most largest point sources
are located on the Geumho River, with a large industrial complex and wastewater
disposal plants, so the water quality downstream is rapidly degraded, as suggested
in numerous previous studies [8–10]. Intensive agricultural activities, as non-point
sources, are concentrated in the zone of Sites 5–8. The total number of sampling
sites, consisting of sixth order streams [55], was 21, with 5 reference sites and
16 sites in the main stream. The selection of reference site followed the approach of
Hughes et al. [56] and U.S. EPA [25].

The reference streams in the watershed were originally designated in 2006 by
the Ministry of the Environment, Korea for efficient watershed management. The
reference site was defined as a least-disturbed stream with low impact from human
activities such as farming, urban development, and forest management. The selection
of reference streams in this region was based on overall ecological conditions of
chemical water quality (N, P, or organic pollutants), physical habitat conditions, and
biota (periphyton, macroinvertebrate, and fish taxa) in Korea.
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2.2. Fish Sampling

Field sampling for fish and water chemistry was conducted twice in the
premonsoon (May) and postmonsoon (September) seasons during 2008–2009. Stream
flows were relatively stable in both seasons. Fish samplings were conducted by a
modified wading method [57,58] to evaluate the Korean aquatic ecosystem health
based on the Ohio EPA method [59]. For the fish sampling, we considered all habitat
types, such as riffle, run, and pool, in the same site and directed in an upstream
to downstream reach for at least 200 m distance during 50 min for the catch per
unit efforts (CPUE). Casting-net (7 × 7 mm, CN) and kick-net (4 × 4 mm, KN), the
most popular fish sampling gears in Korea, were applied to sample. All fishes were
identified in situ and released immediately. All specimens were identified according
to the key characteristics of Kim and Park [60] and the classification system of
Nelson [61]. However, some ambiguous specimens hard to identify were preserved
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in 10% formalin solution and then brought to the laboratory for further research.
All sampled fishes were examined for anomalous external characteristics such as
deformities (D), erosion (E), lesion (L), and tumors (T) (DELT) based on the concept of
Sanders et al. [62]. Tolerance and trophic species analysis were based on the previous
regional studies [63].

2.3. Analysis of Water Quality Parameters

Sampling for water quality was conducted twice at the same time as for fish
sampling per watershed in 2008–2009. Ten water chemistry parameters analyzed
in this study are as follows: biological oxygen demand (BOD), chemical oxygen
demand (COD), total nitrogen (TN), ammonia nitrogen (NH4–N), nitrate nitrogen
(NO3–N), total phosphorus (TP), ortho phosphorus (PO4–P), total suspended solids
(TSS), electrical conductivity (EC) and chlorophyll-a (Chl-a). TSS, EC and Chl-a
were measured at the time of sample collection with the YSI sonde 6600. TN, total
dissolved nitrogen (TDN) and total particle nitrogen (TPN) were measured by second
derivative method after a persulfate digestion [64]. TP was determined using the
ascorbic acid method after persulfate oxidation [65]. TSS, BOD and COD were
measured by the standard methods [66]. Nutrient analyses were performed thrice,
and BOD, COD and SS were measured twice [66].

2.4. Nutrient Pollution Index (NPI) for Chemical Health Analysis

To develop chemical health assessment model, multi-metric model of nutrient
pollution index (NPI), followed methods used by Dodds et al. [67] and Lee and
An [68]. The metrics were composed as following; M1: total nitrogen (TN, mg·L−1),
M2: total phosphorus (TP, µg·L−1), M3: TN:TP ratio, M4: BOD (mg·L−1),
M5: total suspended solids (TSS, mg·L−1), M6: electrical conductivity (µS·cm−1), and
M7: chlorophyll-a (µg·L−1). We established the criteria for boundaries and boundary
was defined by the third of the observed distribution of the values. Each metric
was scored 5, 3 or 1 point, respectively. The health conditions of the chemistry were
evaluated by summing the scores obtained from the seven parameters and then
categorizing the system as excellent (Ex; 31–35), good (G; 25–29), fair (F; 19–23),
poor (P; 13–17), and very poor (VP; 7–11).

2.5. Qualitative Habitat Evaluation Index (QHEI) for Physical Habitat Health Analysis

Physical habitat health, based on the multi-metric model of the qualitative habitat
evaluation index (QHEI), was evaluated at the sampling sites. The original 11-metric
QHEI model [25,26] was modified as a six metric model for regional application [58,69].
The metric attributes were as follows: M1: epifaunal substrate/available cover,
M2: pool substrate characterization, M3: channel flow status, M4: existence of
small-scale dams, M5: channel alteration, and M6: sediment deposition. Habitat health
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conditions were evaluated by summing the scores obtained from the six parameters
and divided into 4 categories of excellent (Ex; score 96–120), good (G; 66–80), fair
(F; 36–60) or poor (P; 6–30) conditions [58].

2.6. Index of Biological Integrity (IBI) for Biological Health Analysis

Multi-metric fish model was developed for the diagnosis of the ecosystem health
in the Nakdong River. Our model, IBI, which was based on the IBI concept [15,70],
was modified from the original U.S. EPA [71] model and the regional model of
An et al. [72]. The metrics (M) were consisted in three major groups as ecological
characteristics by species richness and composition, trophic composition, and fish
abundance with health condition. The individual metrics were: M1: total number of
native species, M2: number of riffle-benthic species, M3: number of sensitive species,
M4: proportion of individuals as tolerant species, M5: proportion of individuals as
omnivore species, M6: proportion of individuals as insectivore species, M7: total
number of native individuals, and M8: percent individuals with anomalies. Four
of the eight metrics (M1, M2, M3, and M7) were evaluated by the maximum species
richness line (MSRL, [73]) with the stream orders. Each metric was scored 5, 3 or 1 and
community-level health conditions were judged using the criteria of Barbour et al. [25].
The IBI scores were judged as five categories, excellent (Ex; 36–40), good (G; 28–34),
fair (F; 20–26), poor (P; 14–18) and very poor (VP; 8–13). Detailed descriptions of
specific metric characteristics and scoring criteria for the model are available in
An et al. [72].

2.7. Integrated Health Responses (IHRs) Model Using Star-Plot Analysis

The integrated health responses (IHRs) model was developed in this research
to enable the multi-metric assessment of ecological health. The IHRs model was
composed of multiple functional metrics and was based on the integration of
all parameters derived from biological, chemical and physical health parameters.
Data-processing step was to generate the assessment scores (i.e., standardized data)
followed methods used by Yeom and Adams [74], Lee et al. [75] and Lee and An [3].
The area score enclosed by each star-plot was used to compare the assessment results
for the difference among sampling sites relative to their ecological health response
to environmental conditions at each site. The area score of star-plot was calculated
according to methods described by Beliaeff and Burgeot [76] and Kim et al. [77].
The integrated health, IHRs model values, was judged as five ranks of excellent
(Ex; >90% of reference), good (G; 75%–90% of reference), fair (F; 55%–75% of reference),
poor (P; 35%–55% of reference), and very poor conditions (VP; <35% of reference).
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2.8. Statistical Analysis

Self-organizing map (SOM) was used to analyze the longitudinal patterns of
fish composition and water chemistry parameters at the 16 sampling sites. The
SOM approach is based on a learning algorithm in an artificial neural network
and approximates the probability density function of the input data [78,79]. It has
a wide range of engineering applications for handling complex ecological data
(e.g., non-linear modeling or optimization) and is typically used for classification,
clustering, prediction, modeling, and data mining [80]. The learning process of the
SOM was applied using the SOM Toolbox package developed by the Laboratory
of Information and Computer Science in the Helsinki University of Technology for
Matlab ver. 6.1, and we adopted the initialization and training methods suggested
by the authors of the SOM Toolbox that allow the algorithm to be optimized [81].
In addition, the PC-Ord statistical package (Ver. 4.25 for Windows; [82]) was used
for principal components analysis (PCA) to identify the major environmental factors
influencing ecological parameters on clustered by SOM.

3. Results and Discussion

3.1. Cluster Analysis of Sampling Regions Using a Model of Self-Organizing Maps (SOMs)

The relations between the chemical water quality and biological variables of fish
(tolerance and trophic compositions) were analyzed using the modeling approach
of Self-Organizing Maps (SOMs). As shown in Figure 2, each variable of BOD,
TN, TP, TSS, electrical conductivity (EC) and N:P ratios were patterned according
to the similarity of community compositions through training with the SOM. To
evaluate the relations between chemical and biological parameters, the classified
variables were visualized by the color on the map (Figure 2). Red color regions in
the map indicated high values, whereas blue color regions indicated low values.
Through the learning process of the SOMs, the clusters were divided into four
groups, I–IV along the longitudinal gradients of ecological factors. Undisturbed sites
were grouped in Group I of the SOM map, while polluted sites appeared Group
IV. Group I, which was located in the headwater region, occurred in the pristine
regions with low organic matter (BOD: 0.96 ± 0.15 mg·L−1) and nutrient levels
(TN: 1.79 ± 0.12 mg·L−1, TP: 19 ± 0 µg·L−1). In contrast, Group IV, which was
located in the downstream region, occurred in the polluted regions with high organic
matter (BOD: 2.9 ± 1.33 mg· L−1) and nutrient levels (TN: 2.66 ± 0.48 mg·L−1,
TP: 195 ± 80 µg·L−1). Chemical parameters were clearly differentiated between
Group I and Group IV. This pattern of downstream degradations was similar to other
parameters of BOD, TN and TP. Likewise, the proportion of sensitive species (SS)
was higher in the Group I and the proportion of tolerant species (TS) was relatively
higher toward the downstream region (Group IV). In the case of omnivores (O),
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they were widely distributed in every site of the stream of Nakdong River, but
the proportion of omnivores was relatively lower in downstream than upstream
due to high dominance of carnivorous species (55%). Our results of SOMs model
suggest that the clustering of the trained SOMs units reflected the regional differences
of water chemistry (chemical parameters) and biological compositions (biological
parameters) from the upstream to downstream.
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Figure 2. Clustering of the trained self-organizing maps (SOMs) units for chemical
parameters and biological parameters. The four groups (I–IV) indicate different
clusters of ecological characteristics, and the code in each unit of the map refers
to the sampling site. The mean value of each variable was calculated from each
output neuron of the trained SOM. The red and blue colors indicate a high and low
value, respectively, for each environmental parameter: (a) Chemical parameters
and (b) biological components.
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3.2. Ecological Factor Identification Using a Principal Component Analysis (PCA)

Principal component analysis (PCA) was used to analyze key factors influencing
biological components and chemical parameters (Figure 3). Results indicated that
the groups of river regions could be divided into Group I, Group II, Group III and
Group IV by eigenvalues of >1.0. Results of PCA indicated that three axes explained
80.8% of the variation in our data matrix (eigenvalues of >1.0). The axis-1 on BOD,
TN, and TP could explain about 47.4% of the total and the axis-2 on % omnivores,
% insectivores, and IBI model values explained 21.6% of the total. Also, the axis-3
on the proportions of tolerant species and sensitive species explained 11.9% of the
total (Table 1). The PCA analysis indicated that axis-1 was mainly influenced by
organic matter (BOD; −0.3955) and nutrient levels (TN; −0.4420, TP; −0.4131), which
had negative responses. The biological responses of % omnivores, % insectivores
and IBI model values were useful indicators in the axis-2 analysis. The eigenvalue
of omnivore species was –0.5207, which indicated a negative response, while %
insectivores and IBI model values of >0.5 were showed positive responses. In the
meantime, axis-3 was weakly influenced by tolerant species and sensitive species.
Thus, Group I, which is located in the upstream, was directly influenced with mass
ratios of N:P and NPI values, and Group IV, which is located in downstream, was
directly influenced by organic matter (BOD), high nutrient levels (TN and TP) and
suspended solids (TSS). Overall, the results of PCA suggested that greater impacts of
chemical pollution were evident in the downstream regions.

Table 1. Principal component analysis (PCA) based on biological and chemical
variables. Bold values indicate statistically significant in the level of <0.05.

Principal Component Analysis/Eigenvalue >1.0

Structure Metrics Axis 1 Axis 2 Axis 3

% Tolerant species −0.2508 −0.0625 0.7282
% Sensitive species 0.2932 0.0293 −0.4934

% Omnivores 0.2854 −0.5207 −0.0887
% Insectivores 0.2392 0.5115 −0.0667

BOD −0.3955 −0.1632 −0.1394
TN −0.4420 −0.0142 −0.2790
TP −0.4131 −0.0689 −0.3019

IBI score −0.1209 0.6550 0.0112
Eigenvalue: 4.264 1.941 1.070

Proportion of variance 47.380 21.562 11.890
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Figure 3. Principal component analysis (PCA) based on biological components
(% tolerant species, % sensitive species, % omnivores, % insectivores, IBI value)
and chemical factors (BOD = biological oxygen demand, COD = chemical oxygen
demand, TN = total nitrogen, NH4–N = ammonium nitrogen, NO3–N = nitric
nitrogen, TDN= total dissolved nitrogen, TPN = total particle nitrogen, TP = total
phosphorus, PO4–P = ortho phosphorus, N:P = N:P ratio, TSS = total suspended
solids, EC = electrical conductivity, CHL-a = chlorophyll-a, NPI = nutrient pollution
index score).

3.3. Chemical Model of Water Quality Index and Its Evaluation

Multi-metric model of nutrient pollution index (NPI) was developed and
applied to the model Nakdong River watershed (Figure 4). The metrics of NPI
model was composed of seven (M1–M7) and were categorized as four groups of
nutrient compositions (N and P), organic matter (BOD), inorganic contents/solids,
and primary production indicators (Table 2). For variables of the NPI model,
we selected total nitrogen (TN) and total phosphorus (TP) along with N:P mass
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ratios, which are known as key determinants regulating the river water quality and
eutrophication [83–86].

Chemical criteria, based on ambient nutrient metrics of TN, were categorized as
oligotrophic (<1.5 mg·L−1), mesotrophic (1.5–3 mg·L−1) and eutrophic (>3 mg· L−1),
respectively, and these criteria differed from the previous criteria in North
America [87–89] and Europe [90,91]. Mean value of TN in Group III and Group IV
regions were significantly higher (p < 0.05) than those at the regions of Group I and
Group II as well as the reference sites (1.82 ± 1.3 mg·L−1). The values of TN, however,
were categorized as mesotrophic (“3” in the metric score) in the analysis, indicating no
large spatial variations in the model score. In the meantime, TP had large longitudinal
variations along the main axis of the headwaters to the downstream, by the criteria
of TP (<30, 30–100, >100 µg·L−1); TP was oligotrophic (mean: 12 ± 5 µg·L−1) in the
region of Group I, and this condition was similar to the reference sites. In contrast,
the mean TP of Group III and Group IV was >10 fold than the reference and Group I
streams, indicating severe phosphorus enrichment in the downstream regions. The
metric indicator of N:P applied in this study also showed the similar pattern with
TP rather than TN (Table 2). Based on the mass ratio metric of TN:TP, reference
and Group I streams had high ratios of >100, whereas Group III and Group IV
streams had low ratios of <20. Previous studies pointed out that N:P ratio in the
ambient stream and river waters is an indirect indicator of limiting nutrient for algal
biomass or primary production/growth [86,92,93] and is lower in polluted streams
or eutrophic waterbodies [67]. Our outcome of N:P ratios in this watersheds was
supported by previous research. In fact, the contents of chlorophyll-a (CHL), as good
indicators of primary productivity, were directly determined by mass nutrient ratios
(N:P) and TP.

Mean values of CHL in the Group III and Group IV regions were >30 µg·L−1, at
high TP and low N:P ratios, and these values were significantly higher (p < 0.05) than
those at the regions of Group I (7.1 ± 3.4 µg·L−1) and reference (2.6 ± 1.2 µg· L−1)
with low TP and high N:P ratios. These results indicate that the high CHL values in
our watershed were closely associated with high P and low N:P ratios. The ratio of
N:P, thus, is a key chemical health parameter controlling cyanobacterial blooms in
the aquatic environment. In the meantime, the metric of biological oxygen demand
(BOD), as an indicator for organic matter pollution, showed the distinct differences
between the headwaters (Group I) or reference and the downstream regions (Groups
III/IV); the metric values were 4–5 in the reference and headwater streams but
were 1.5 in the downstream regions (Groups III/IV). Thus, metric values of BOD
showed similar spatial patterns with total suspended solids (TSS) as well as the
parameter metrics of N:P ratios and TP.

335



Water 2015, 7 6388 

 

 

(a) (b) 

(c) (d) 

(e) (f) 

(g) 

Figure 4. Observed frequency diagram (total nitrogen: n = 974, total phosphorus: n = 973, 

TN:TP ratio: n = 973, BOD: n = 974, total suspended solids: n = 974, electrical 

conductivity: n = 974, chlorophyll-a: n = 969). (a) M1: Total Nitrogen (mg·L−1); (b) M2: 

Total Phosphorus (μg·L−1); (c) M3: TN: TP ratio; (d) M4: BOD (mg·L−1); (e) M5: Total 

Suspended Solids (mg·L−1); (f) M6: Electrical Conductivity (µS·cm−1); and (g) M7: 

Chlorophyll-a (μg·L−1). 
  

Figure 4. Observed frequency diagram (total nitrogen: n = 974, total phosphorus:
n = 973, TN:TP ratio: n = 973, BOD: n = 974, total suspended solids: n = 974,
electrical conductivity: n = 974, chlorophyll-a: n = 969). (a) M1: Total Nitrogen
(mg·L−1); (b) M2: Total Phosphorus (µg·L−1); (c) M3: TN: TP ratio; (d) M4: BOD
(mg·L−1); (e) M5: Total Suspended Solids (mg·L−1); (f) M6: Electrical Conductivity
(µS·cm−1); and (g) M7: Chlorophyll-a (µg·L−1).
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Table 2. Chemical health assessment model, based on the Nutrient Pollution
Index (NPI), suggested scoring criteria and evaluated score in the watershed of
Nakdong River.

Category Metric
Scoring Criteria Mean ± SD (Score)

5 3 1 Rf Group I Group II Group III Group IV

Nutrient
regime

M1: Total
Nitrogen
(mg·L−1)

<1.5 1.5–3 >3 1.82 ± 1.33
(3)

1.80 ± 0.1
(3)

1.85 ± 0.33
(3)

2.82 ± 0.42
(2.5)

2.66 ± 0.49
(2)

M2: Total
Phosphorus

(µg·L−1)
<30 30–100 >100 12 ± 5 (5) 19 ± 6 (5) 46 ± 18

(3.5)
197 ± 37

(1)
195 ± 95

(1)

M3: TN: TP ratio >50 20–50 <20 188 ± 189
(5)

100 ± 33
(5) 46 ± 21 (3) 14 ± 2 (1) 14 ± 3 (1)

Organic
matter

M4: BOD
(mg·L−1) <1 1–2.5 >2.5 0.72 ± 0.22

(5)
0.96 ± 0.20

(4)
1.87 ± 0.80

(3)
2.37 ± 0.56

(2)
2.9 ± 1.55

(2)

Ionic
contents

and solids

M5: Total
Suspended Solid

(mg·L−1)
<4 4–10 >10 1.87 ± 1.31

(5)
6.1 ± 5.5

(4)
9.0 ± 2.3

(2)
14.3 ± 2.9

(1.5)
15.8 ± 7.2

(1.5)

M6: Electrical
conductivity
(µS·cm−1)

<180 180–300 >300 179 ± 94
(5)

170 ± 28
(4)

231 ± 67
(3)

434 ± 110
(1)

460 ± 245
(2)

Primary
production
indicator

M7:
Chlorophyll-a

(µg·L−1)
<3 3–10 >10 2.6 ± 1.2

(5)
7.1 ± 3.4

(3)
36.6 ± 18.7

(1)
37.7 ± 25.0

(1)
32.4 ± 12.3

(1)

Scores (model criteria of NPI) 33 (Ex) 28 (G) 19.5 (F) 10 (VP) 10.5 (VP)

Chemical health, based on seven multi-metric model of Nutrient Pollution Index
(NP index), showed distinct spatial differences between the regions of the watershed.
Index model values of NP in the region of Group I was 28 and this value was similar
to the reference sites (33 score). This indicates that the chemical health was judged
as “good condition (G)” in the headwater region (Group I) by the health criteria of
five classes. In contrast, the model values of NP in the downstream regions (Groups
III and IV) ranged between 10.0 and 10.5, which were judged as “very poor (VP)
condition” (most impaired level) among the five classes. The impaired chemical
health in the downstream regions was mainly due to effluents from the massive
point/non point sources of municipal wastewater disposal plants and urban runoff,
which are come from tributary of Geumho River. The degradation of chemical
health in the downstream is supported by previous research on chemical water
quality [39,94,95].

3.4. Responses of Biological Indicators on Water Chemistry

Responses of biological indicators, as fish tolerance and trophic species, on
water chemistry are shown in Figure 5. The proportions of tolerant species (TS),
sensitive species (SS) and insectivore species (I) in the watershed were directly
determined by chemical water quality parameter. When chemical concentrations
of TP, BOD, and electrical conductivity (EC) are low, these three environmental
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factors showed a wide variation in biological responses between the maximum and
minimum values (Figure 5). The responses in the proportion of tolerant species,
sensitive species, and insectivore species, however, had direct functional relations
with chemical conditions. When values of TP were >200 µg·L−1, the proportions of
tolerant species and insectivore species had positive functional responses to increased
TP, but the proportions of sensitive species had negative functional responses to
TP (Figure 5). Similar functional responses in the proportions of tolerant species,
sensitive species, and insectivore species were shown in BOD, as an indicator for
organic matter pollution, and the EC as an indicator of ionic pollution, when BOD
and EC values were >2.0 mg·L−1 and 270 µS·cm−1, respectively (Figure 5). Such
nutrients of phosphorus directly determined concentrations of sestonic chlorophyll-a
(CHL), and the CHL values, in turn, influenced the fish compositions of tolerant
species, sensitive species and insectivore species. These responses are supported
by findings of US EPA [39] that the proportions of sensitive and/or insectivore fish
species decrease with nutrient enrichment and organic matter pollution, and vise
verse in tolerant species. In the meantime, the responses on the levels of TN were
not shown in this study due to high concentrations of N regardless of location and
season. The high nitrogen was more attributed to stream geology rather than degree
of nutrient pollution, thus nitrogen contents were high in the pristine regions with
100% forest stream.
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quality parameters (total phosphorus (TP), biochemical oxygen demand (BOD),
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3.5. Physical Habitat Health Using a Multi-metric Model

Qualitative Habitat Evaluation Index (QHEI), based on a six metric model, was
used for the evaluation of physical habitat health in the watershed of Nakdong River.
Values of QHEI averaged 67 in the watershed regions of Groups I–IV and ranged
between 60 and 75. Thus, physical habitat health in all regions was judged as a
“good condition” (G) by the criteria of An et al. [96] (Table 3). As shown in Table 3,
spatial variations from the headwaters to the downstream were not high, unlike
other watersheds in Korea [97,98]. Physical habitat health of Groups I and II showed
30% more degradation, compared to the reference regions, thus some sites were not
suitable for fish habitats and this was mainly influenced by human disturbances.
Habitat health of Groups III and IV in downstream regions, was better than the
regions of Groups I and II. The health impairments in the upstream were mainly due
to poor epifaunal substrate/available cover (M1) and poor pool substrate conditions
(M2) throughout the habitat simplification by sand accumulations. In addition, partial
channel alterations and sediment depositions were found in the impaired habitats.
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3.6. Biological River Health Using a IBI-Multimetric Community Model and
Fish Compositions

Biological river health assessments, based on multi-metric Index of Biological
Integrity (IBI) are shown in Table 4. The river health in the regions of Groups I–IV was
compared with the regions of reference sites. The values of IBI model averaged 30 in
the reference sites with ranges of each metric value from 3 to 5 (Table 4). The river
health, thus, was judged as a “good condition (G)” by the criteria of An et al. [72].
Such IBI values in these reference sites were not so high as shown in reference
regions of other countries [15,39]. In the meantime, the model values of IBI in all
regions of Groups I–IV ranged from 12 to 18, which is corresponding to poor (P)
to very poor (VP), respectively. The IBI values averaged 12 in regions of Groups
III and IV, and this value was lower than the IBI values of Groups I and II (mean
IBI = 16) as well as reference regions (IBI = 30; Table 4). Biological river health in
this watershed was more impaired downstream than upstream, and the impairment
was mainly attributed to reduced metric values of riffle-benthic species, sensitive
species, insectivore species and native species and anomalies. The low values in the
metrics were due to chemical degradations of the downstream and the degradations
in the main river downstream was closely associated with nutrient-rich effluents
of wastewater disposal plants from tributary streams. Such impairments of the
river health in the downstream are similar in previous studies [39,97,98], which are
directly influenced by large point-source pollutions of wastewater treatment plants
and industrial complex.

Table 3. Physical habitat health assessment, based on the Qualitative Habitat
Evaluation Index (QHEI), in the watershed of Nakdong River.

Metric
Study Areas

Rf Group I Group II Group III Group IV

M1: Epifaunal substrate/Available cover 15.3 4.8 6.6 9.4 13.1
M2: Pool substrate characterization 14.2 7.5 8.8 8.6 10.8

M3: Channel flow status 8.3 12.8 11.1 13.4 14.8
M4: Existence of small-scale dams 13.4 12.3 13.0 15.4 13.6

M5: Channel alteration 11.9 11.5 10.6 13.9 11.1
M6: Sediment deposition 12.5 13.1 10.3 11.9 11.1

Scores (model criteria of QHEI) 75.6 (G) 61.9 (G-F) 60.4 (G-F) 72.5 (G) 74.5 (G)

Notes: Rf: Reference sites; Group I: 4 site (S1, S2, S3, S4), Group II: 4 site (S5, S6, S7, S8),
Group III: 4 site (S9, S10, S11, S12), Group IV: 4 site (S13, S14, S15, S16), Ex: excellent,
G: good, F: fair.

In addition, the river health was closely associated with community structures,
based on fish compositions of tolerance species and trophic species. In this study,
total 45 species and 4610 individuals were collected from the watershed of Nakdong
River. The dominant fishes with greater than 5% in relative abundance are shown in
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Table 5 in Nakdong River. The highest dominant species was Opsarichthys uncirostris,
which composed about 30% of the total, and then followed by Zacco platypus (28%),
Micropterus salmoides (5%), and Squalidus chankaensis tsuchigae (5%). The fish fauna
suggest that the dominant species are composed of more tolerant species on the water
chemistry or physical habitat. Meanwhile, key dominant species in the reference
streams were Zacco koreanus and Coreoleuciscus splendidus, which made up 58% of the
total and are sensitive species and insectivore species (Table 5). Thus, the reference
region was designated as Zacco-Coreoleuciscus community, and differed largely from
the regions of Groups I and IV, indicating a distinct difference in species composition
in the structural aspects of the community (Figure 6). The community of the redions
of Group I, with Zacco-Opsarichthys domination, showed tolerant species at >70% of
the total, while the regions of Group IV, with a Opsarichthys-Micropterus community,
were composed of a community of only tolerant species.

Table 4. Biological river health assessment, based on the multi-metric fish model of
Index of Biological Integrity (IBI), in the watershed of Nakdong River.

Category Metric
Scoring Criteria Mean ± SD (Score)

5 3 1 Rf Group I Group II Group III Group IV

Species
richness &

compositions

M1: Total
number of native

species

Expectations of M1
vary with

stream order

11.4 ± 3.2
(3)

11 ± 2.2
(3)

11.8 ± 4.3
(3)

10.5 ± 1.9
(3)

9.8 ± 2.4
(1)

M2: Number of
riffle-benthic

species

Expectations of M2
vary with

stream order

3.2 ± 1.3
(3)

1.5 ± 0.6
(1)

1.5 ± 1.7
(1)

1.3 ± 0.5
(1)

0.8 ± 0.5
(1)

M3: Number of
sensitive species

Expectations of M3
vary with

stream order

6.4 ± 1.1
(3)

2.8 ± 1.0
(1) 1.5 ± 1 (1) 0.8 ± 1.0

(1)
0.3 ± 0.5

(1)

M4: Proportion
of individuals as
tolerant species

<5 5–20 >20 11 ± 7 (3) 74 ± 9 (1) 77 ± 10 (1) 83 ± 5 (1) 86 ± 7 (1)

Trophic
compositions

M5: Proportion
of individuals as
omnivore species

<20 20–45 >45 19 ± 12 (5) 54 ± 4 (1) 47 ± 10 (1) 27 ± 18 (3) 18 ± 9 (5)

M6: Proportion
of individuals as

insectivore
species

>45 45–20 <20 73 ± 12 (5) 27 ± 5 (3) 17 ± 5 (1) 12 ± 8 (1) 14 ± 5 (1)

Fish
abundance

& conditions

M7: Total
number of native

individuals

Expectations of M7
vary with

stream order

226 ±82
(3)

213.5 ±
59.6 (3)

327.5 ±
118.4 (3)

196 ± 23
(1)

81.5 ± 36.7
(1)

M8: Percent
individuals with

anomalies
0 0–1 >1 0 (5) 0 ± 0 (5) 0.2 ± 0.2

(3)
1.3 ± 2.5

(1)
1.8 ± 3.6

(1)

Scores (model criteria of IBI) 30 (G) 18 (P) 14 (P) 12 (VP) 12 (VP)
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Table 5. Fish fauna and dominant species for collected fish population in Nakdong River.

Sample Fish Community Dominant Species To. Tr. RA (%)

Reference Sites
Zacco-Coreoleuciscus

Community

Zacco koreanus † SS I 47.8
Coreoleuciscus splendidus † SS I 10.6

Zacco platypus TS O 10.4
Pungtungia herzi IS I 9.2

Niwaella multifasciata † SS O 4.4

Group I Zacco-Opsarichthys
Community

Zacco platypus TS O 46.7
Opsarichthys uncirostris amurensis TS C 15.6

Pseudogobio esocinus IS I 7.8
Hemibarbus labeo TS I 6.3
Pungtungia herzi IS I 5.7

Group II Zacco-Opsarichthys
Community

Zacco platypus TS O 38.5
Opsarichthys uncirostris amurensis TS C 31.3

Rhinogobius brunneus IS I 6.1
Pseudogobio esocinus IS I 5.8

Squalidus chankaensis tsuchigae † IS O 5.8

Group III Opsarichthys-Zacco
Community

Opsarichthys uncirostris amurensis TS C 47.7
Zacco platypus TS O 13.7

Micropterus salmoides ‡ TS C 8.9
Squalidus chankaensis tsuchigae † IS O 7.2

Carassius auratus TS O 3.5

Group IV Opsarichthys-Micropterus
Community

Opsarichthys uncirostris amurensis TS C 29.8
Micropterus salmoides ‡ TS C 21.0
Lepomis macrochirus ‡ TS I 9.2
Tridentiger obscurus TS I 6.2

Mugil cephalus TS H 5.8

Notes: To.: tolerance species (TS: tolerant species, IS: intermediate species, SS: sensitive
species), Tr.: trophic species (C: carnivores, O: omnivores, I: insectivores, H: herbivores),
RA: relative abundance, †: Korean endemic species, ‡: exotic species.
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3.7. Integrated Health Responses (IHRs), Based on Physical, Chemical, and
Biological Parameters

The model of Integrated Health Responses (IHRs), based on the star-plot
approach of Beliaeff and Burgeot [76], was used for a diagnosis of overall ecological
river health. Mean values of IHRs model for the upstream to downstream were
derived by integrating the physical habitat health (Qualitative Habitat Evaluation
Index, QHEI), chemical health (nutrient pollution index, NPI), and biological health
parameters (Index of Biological Integrity, IBI; Figure 7). Area score of Group I in
upstream regions was 0.37, which was less than twice of the reference regions (0.62).
In the Group I, the axis values of biological health (0.45) and physical health (0.52)
were lower than the value (0.8) of chemical health, and the area of Group I was 62%
of the reference condition, indicating a “fair” condition. The axis values of Group II
were 0.35, 0.56 and 0.5, respectively, for the three variables of NPI, QHEI, and IBI. The
area score of Group II was 2.6 times lower, compared to the values of the reference
condition, indicating a “poor” condition, and also was lower than the regions of
Group I (0.37). The lowest area score (0.17) in the star-plot were found in the Group III
and this area value was similar to the regions of Group IV (area score = 0.18). The
integrated health in Group III was judged as a “very poor” condition, and was same
as Group IV. The star-plot analysis indicated that integrated river health, based on
Integrated Health Responses (IHRs), was more impaired in the downstream regions
(Group III and IV) than in the upstream (Group I and II) and reference regions. The
impaired river health was due to greater impacts in biological health and chemical
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health than the physical health. Physical habitat health did not largely differ among
the four regions, indicating not so significant in the health gradients of regions. In
contrast, chemical health was most pronounced in the downstream of Group III and
IV (axis value of Group III = 0.29, Group IV = 0.3) due to nutrient enrichment and
organic matter pollutions of tributary river (i.e., Geumho River), which is directly
influenced by domestic wastewater disposal plants and the urban sewage.
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4. Conclusions

Integrated Health Responses (IHRs) in this study were determined by the
integration of three multi-metric models of chemical water health (NPI), physical
habitat health (QHEI) and biological health (IBI). Each metric model was developed
separately for the application of IHRs model using a star-plot approach, and then
the health conditions were determined by the comparison of the five reference
sites. In the data analysis, the integrated ecological health, based on the mean
of IHRs, was more impaired downstream than upstream, and this was mainly
attributed to influences of point-sources and urban developments downstream. Thus,
longitudinal gradients in the health from the upstream to downstream were evident
in the three model, NPI, QHEI, and IBI. The model of Self-Organizing Map (SOM)
at 16 sampling streams was matched to the longitudinal patterns of chemical and
biological parameters from headwater to downstream. Statistical tests of principle
component analysis (PCA) indicated that Group I was located in the region of the
upstream and was closely associated with high N:P ratios in the ambient water.
In contrast, Group IV was located in the downstream with nutrient enrichment
and organic matter pollution. These results of PCA were also supported by spatial
pattern analysis using the SOM model. Overall, this approach of the IHRs may be
used as a key tool for the quantification of integrated ecological river health in the
river ecosystems.
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Environmental Factors Structuring Fish
Communities in Floodplain Lakes of the
Undisturbed System of the Biebrza River
Katarzyna Glińska-Lewczuk, Paweł Burandt, Roman Kujawa, Szymon Kobus,
Krystian Obolewski, Julita Dunalska, Magdalena Grabowska, Sylwia Lew
and Jarosław Chormański

Abstract: We evaluated the influence of habitat connectivity and local environmental
factors on the distribution and abundance of functional fish groups in 10 floodplain
lakes in the Biebrza River, northeastern Poland. Fish were sampled by electrofishing,
and 15 physico-chemical parameters were recorded at three sampling sites at each
lake in the period of 2011–2013. A total of 18,399 specimens, belonging to 23 species
and six families, were captured. The relationships between environmental factors
and fish communities were explored with the use of canonical correspondence
analysis (CCA). Sampling sites were grouped based on fish communities using a
hierarchical cluster analysis (HCA). Along a lateral connectivity gradient from lotic
to lentic habitats (parapotamic–plesiopotamic–paleopotamic), the proportions of
rheophilic species were determined as 10:5:1, whereas the proportion of limnophilic
species was determined as 1:2:5. The predominant species were the roach (Rutilus
rutilus), and pike (Esox lucius) in parapotamic lakes, rudd (Scardinius erythropthalmus)
and pike in plesiopotamic lakes, and sunbleak (Leucaspius delineates) and Prussian
carp (Carassius auratus gibelio) in paleopotamic lakes. The findings indicated
that the composition and abundance of fish communities are determined by lake
isolation gradient, physico-chemical parameters and water stage. Although intact
riverine ecosystems may promote fish biodiversity, our findings suggest that
lateral connectivity between the main channel and floodplain lakes is of utmost
importance. Thus, the conservation of fish biodiversity requires the preservation of
this connectivity.

Reprinted from Water. Cite as: Katarzyna Glińska-Lewczuk, Paweł Burandt,
Roman Kujawa, Szymon Kobus, Krystian Obolewski, Julita Dunalska, Magdalena
Grabowska, Sylwia Lew and Jarosław Chormański Environmental Factors
Structuring Fish Communities in Floodplain Lakes of the Undisturbed System of the
Biebrza River. Water 2016, 8, 146.

1. Introduction

Natural river floodplains consist of complex habitats differing in hydrological
connectivity, which affects fish community dynamics [1–3]. In the temperate climate
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zone, large undisturbed floodplains have often been disrupted by channel regulation
that exerted direct and indirect effects on habitat heterogeneity, successional
trajectories and, ultimately, the ecological integrity of rivers [4,5].

The functional feature of intact alluvial floodplains of meandering rivers is
a mosaic of lotic and lentic ecosystems, including the river and its side channels,
tributary streams and cut-off channels. Due to the variation in the connectivity,
laterally across the floodplain, a distinct zonation of the habitats has been widely
reported both for tropical [6–8] and temperate rivers [9,10]. Differences in the
connection of floodplain lakes with the river channel determine the availability
of nutrients and the degree to which processes such as primary productivity and
decomposition are controlled by the river [11–13]. Floodplain ecosystems connected
to the river are particularly open to exchange of matter with the river which leads to
higher concentrations of macroelements, while ecosystems isolated from the nearby
river for most of the year acquire a lentic character that promotes autogenic, mainly
organic, matter cycling. An increased flow rate throughout bi-connected water bodies
is beneficial to organisms in that it transports food, oxygen, nutrients, and particulate
and dissolved organic matter [14,15].

The hydrological integration between river and cut-off channels is a significant
habitat parameter for species that require different aquatic microhabitats in the
course of their life cycle, e.g., certain species of fish [4,16–18]. Fish communities in
European lowland riverine ecosystems are composed of rheophilic (require flowing
water to spawn), eurytopic (habitat generalists) and limnophilic (found in stagnant
and strongly vegetated floodplain water bodies) fish species guilds [4,19,20] that
contribute to the overall high species diversity [4]. For example, the ide Leuciscus idus
requires flowing water habitats, whereas the crucian carp Carassius carassius needs a
single stagnant floodplain lake that exists over a long period.

Floodplain lakes are ecosystems with diverse fish species adapted to periods
of low and high water stages (flood-pulse), which affect any wetland water quality
parameters [11,21–23]. Higher water stages promote greater nutrient availability,
aquatic primary production, allochthonous inputs, and secondary production, which
are especially beneficial for early life stages of fish in floodplain habitats. In
contrast, low-water conditions lead to the contraction of marginal aquatic habitats,
decay of aquatic macrophytes, and higher densities of aquatic organisms, including
phytoplankton and zooplankton in floodplain water bodies [24]. During low water
periods, non-flowing ecosystems have been recognized as having limited conditions
for light penetration and thereby limited photosynthesis. In turn, summer oxygen
deficits are attributed to shading by emergent and floating vegetation, high biological
oxygen demand and limited aeration [25].

The natural hydrological regime is one of the key drivers of ichthyofauna
development [2,8]. Floodplain lakes typically serve as nursery for young fish whereas
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adults live in the main channel or connected side arms [4,18]. Welcomme and Halls [8]
observed that extensive flooding increased the area available for spawning sites and
provided fish with more food and better shelter opportunities, whereas the duration
of the flood influenced the time during which fish could grow and find shelter from
predators. In several studies, fish migrated to floodplain water bodies, in particular to
lentic habitats, in search of refuge during floods [26–28]. When water levels drop, fish
either migrate back to the river and become a source of food for resident piscivores
or remain in isolated floodplain water bodies [2,6,29].

An increase in the reductions in landscape connectivity, ecological functioning
and ecosystem biodiversity has driven initiatives to improve the ecological status
of rivers, e.g., the European Union Water Framework Directive (2000/60/EEC) [30],
and to protect biological diversity, e.g., the Habitats Directive (92/43/EEC) [31]
and Agenda 21 of the Rio Convention and the Convention on Biological Diversity.
According to Welcomme et al. [20], fish environmental guilds could be used as
a tool for assessing the ecological status of rivers. Further, the knowledge of
differences in the responses of functional fish groups to environmental factors
is useful for predicting the effects of future environmental manipulations (e.g.,
changes in hydrology and connectivity) on fish communities in various aquatic
systems. Achieving good ecological status by promoting fish abundance and
diversity involves the creation of habitats that are functionally similar to natural
lowland river-floodplain ecosystems. Nevertheless, this approach requires a relevant
reference area to test whether environmental parameters are affecting the qualitative
and quantitative structure of hydrobionts. The Biebrza river provides an opportunity
to realize this test as it is an undisturbed system presenting variable levels of lateral
connectivity with sequential shift in fish community composition from rheophilic
to eurytopic to limnophilic fish species guilds, as it was reported ca. 30 years ago
by Witkowski [14,32]. Moreover, unlike many rivers in Europe, the floodplain lakes
in the middle and lower section of the Biebrza River have not been disturbed by
hydraulic structures, excessive nutrients or sediments introduced by runoffs from
the surrounding farmland.

The aim of this study was to determine whether lateral connectivity and
environmental parameters are influencing the qualitative and quantitative structure
of fish communities in floodplain lakes. For this purpose, we sampled 10 natural
floodplain lakes and the river channel in the middle section of the Biebrza River, (NE
Poland) depending on their connectivity and habitat diversity.
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2. Materials and Methods

2.1. Study Area and Sampling Sites

Biebrza is a medium-sized low-gradient river in NE Poland. Its catchment
occupies a total area of 7057 km2, and the floodplain covers an area of 1950 km2. The
Biebrza River Valley features the Upper, Middle and Lower basins, which have been
classified based on differences in their geomorphologic structure [33,34]. The Middle
Basin is approximately 33 km long and spreads along the floodplain between the
villages of Sztabin and Osowiec. The river intersects boggy meadows and marshes.
Throughout its course, the river forms a large number of old riverbeds and floodplain
water bodies in different stages of succession. The catchment was extensively drained
in the mid-1970s, but Biebrza's floodplain escaped alteration. In the middle section its
natural landscape and flood-pulse pattern have been nearly entirely preserved [24,33].
Excluding a 10-km-long section, the river is part of the Biebrza National Park, and it
is protected under the Ramsar Convention.

The hydrological regime in Biebrza’s middle course has a natural pattern.
Mean annual amplitude of water levels is within the range of 264 cm [34]. The
river is characterized by a snowy, distinct flood-pulse regime, with long-term
spring floods. During spring floods, the narrow river swells to form a vast
shallow impoundment, locally up to 1 km wide, that lasts for several months.
The average multiannual flow (1984–2013) measured at a gauge located in Osowiec
was 22.78 m3¨ s´1 (Qmin = 3.08 m3¨ s´1, Qmax = 360.00 m3¨ s´1). During our study
(2011–2013), frequency of high water stages (HWL) was higher in comparison to
the multiannual period of 1984–2010 [24]. Inundation periods in 2011, 2012, and
2013, calculated as the percentage of days in a year when water table exceeded
bankfull level (BL = 107.70 m above sea level), were 42%, 35% and 48%, respectively
(Figure 1B). Stages below mean low water level (MLW) in 2011 lasted 8% of the year,
in 2012 as much as 23% while in 2013 as much as 19%.

2.2. Environmental Description of Study Sites

Sampling sites were located in 10 floodplain lakes and the main river channel of
the Biebrza River (Figure 1). The lakes were chosen based on a wide range of lake
morphometric characteristics (e.g., area and connectivity to the river channel) as well
as hydrological and water quality parameters. Lakes with passable inlets and outlets
may have a different hydrologic cycle than lakes without inlets or outlets, which
facilitates fish movement. The analysed water bodies were classified into four types
with different hydrological connectivity and water retention patterns according to
the typology proposed by Amoros and Roux [1] (Figure 1):

Eupotamic—the main river channel (Biebrza 1 to 3);
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Parapotamic—lotic side-channels (by-passes) with flowing water: Stara Rzeka
(STR), Mostek (MOS) and Czerwony Domek (CZD);

Plesiopotamic—semi-lotic abandoned meanders, permanently connected with
the river by a downstream arm: Bocianie Gniazdo (BOC), Klewianka (KLE), Tur
(TUR) and Glinki (GLI);

Paleopotamic—lentic side channels and depressions filled with stagnant water
and isolated from the river unless flooded: Budne (BUD), Bednarka (BED) and
Fosa (FOS).

Water 2016, 8, 146 

 
Figure 1. (A) Location of the study area in the Biebrza River; (B) Sampling events indicated by arrows 
on the background of hydrological situation during the period of study. Open circles indicate 
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Figure 1. (A) Location of the study area in the Biebrza River; (B) Sampling
events indicated by arrows on the background of hydrological situation during
the period of study. Open circles indicate sampling sites located on the surveyed
floodplain lakes.

Parapotamic lakes belong to the youngest water bodies that are permanently
bi-connected to the river channel. Those lakes form natural by-pass channels,
with an area of 0.62–3.31 ha, maximum depths of 1.4–3.4 m and a water table
with a relatively low macrophyte cover (15%–25%) with a predominance of the
Myriophyllo-Nupharetum plant association (Table 1). Lake banks were occupied by
natural marshes with a narrow belt of plants characteristic of Scirpo-Phragmitetum
communities and Phragmites australis (Cav.)Trin. ex Steud. or Acorus calamus L. The
group of lakes was characterized by medium to coarse-grain mineral substrates (i.e.,
sand or gravel), depending on the scouring flow velocity.
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2.3. Environmental Data

Water for chemical analyses was sampled twice a year, in June and September
of each year of the study (2011–2013), from 10 floodplain lakes (30 sampling points)
and the Biebrza River (3 sampling points), simultaneously with fish catches. In situ
measurements of dissolved oxygen (DO), pH, electrolytic conductivity (EC), total
dissolved solids (TDS) and chlorophyll-a levels were performed using the YSI
6600R2™ calibrated multiprobe (Yellow Springs, OH, USA). Water transparency was
measured with Secchi disc (20 cm in diameter). The concentrations of phosphates,
nitrates, nitrites and ammonium ions were determined in a laboratory with the use of
standard analytical methods [35]. Total organic carbon (TOC) levels were determined
in unfiltered samples. Dissolved organic carbon (DOC) was quantified after the
samples had been passed through nitrocellulose membrane filters with a pore size of
0.45 µm (Millipore). TOC and DOC analyses were conducted by high-temperature
combustion (HTC) (Shimadzu TOC 5000 analyzer, Tokyo, Japan), and performed
according to the protocol described by Dunalska et al. [36].

Lake morphometric variables were estimated once and referred to mean water
level. Mean depth measurements of each lake were determined by traveling zigzag
patterns across each lake with a portable depth finder (echosonde Humminbird)
attached to a GPS receiver (TOPCON) and recorded every 15 s. Maximum depth of
each lake was determined from these measurements. In this study, we employed
three water stage categories of high (HW), mean (MW) and low (LW) water based on
the data provided by the Institute of Meteorology and Water Management in Poland
(IMGW) for the Biebrza River at Osowiec. Furthermore, in order to develop stream
flow hydrographs for use in flood extend estimation, continuously recording water
depth logger (MiniDiver, Van Essen Instruments B.V., Delft, The Netherlands) was
installed in the Biebrza River channel at the town of Goniądz. The logger was set to
take measurements at approximately 15 min intervals. The measurement protocol
was described by Grabowska et al. [24].

2.4. Fish Sampling

Fish were sampled by the electrofishing method [37]. Fish were caught from a
boat along three 80–200 m transects (upstream arm, downstream arm and the middle
section) along each of the 10 floodplain lakes (30 sampling sites) and from the river
channel (3 sampling sites) in accordance with standard PL-EN 14011 [38] (Figure 1).
Single-pass electrofishing was performed along one bank, in a distance of 2–3 m from
the bank, with repeated immersion of anode for 20–30 s. Total time of a catch at one
site lasted ~20 min.

Stunned fish were collected with nets and placed in tanks with aerators. Tank
water had to be aerated to keep the catch alive and to minimize damage associated
with handling and holding. Fish were identified to species level, counted and
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measured. Total fish length was recorded in mm, and fish weight in g. Large
and medium-sized specimens were weighed individually. The weights of small
individuals were calculated based on the length-weight ratios determined from the
first sampling period. Immediately after the measurements, all fish were released
into a calm area near the capture site. For each species in every catch, abundance
was determined as the number of fish per ha based on individual fish counts, and
biomass was calculated based on weight extrapolations for the estimated area of the
electrofishing transect [14]. However, the last two parameters should be considered
as rough estimations and used for comparative purposes.

2.5. Data Analysis

Fish biodiversity, taxonomic guilds and functional guilds were examined.
Quantitative data were analyzed and converted to biocenotic indices: constancy
of occurrence and dominance according to the formulas used by Obolewski et al. [39].
The constancy of occurrence (C, %) defines the occurrence of a given species
within a single biocensosis. It has been calculated according to the formula
C = 100 na/Nn, where: na-number of sites where the species was noted; and
Nn-total number of sites. The values of constancy of occurrence allowed for the
following classification of consecutive species: euconstants > 75.00%; constants
50.01%–75.00%; subconstants 30.01%–50.00%; accesoric taxa 15.00%–30.00% and
accidental taxa < 15.00%. Dominance index (D, %) was calculated according
to the following formula: D = 100 ni/N, where: ni—number of specimens
of species “I” in the sample, N-number of all specimens in the sample. The
following levels of dominance have been applied: eudominants >10.00%; dominants
5.10%–10.00%; subdominants 2.10%–5.00%; and recedents ď 2.00%. Additionally,
the Shannon–Wiener’s diversity (H1) and the Pielou’s evenness (J1) indices were
calculated. Biodiversity metrics were calculated using the diversity modules
available in the PAST ver. 3.02TM software [40]. Significant differences in density and
biomass between functional groups of floodplain lakes as well as between seasons
and water levels were determined by one-way and two-way ANOVA followed by
Duncan's multiple range test at p ď 0.05. All of these calculations were performed in
Statistica 10.0 PL (StatSoft, Tulsa, OK, USA, 2011).

Canonical correspondence analysis (CCA) was used to determine the extent
to which environmental variables (including water quality, lateral hydrological
connectivity and water levels) were responsible for variations in the taxonomic
composition of fish between lakes. Unimodal ordination was applied because the
gradient length along axis 1 in detrended canonical analysis (DCA) exceeded 3.0 SD
turnover units. Linear ordination was used in the remaining cases [41]. We used the
forward selection procedure to determine the extent to which environmental and
community variables explained fish community variations. Conditional effects,
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which indicate the order of inclusion, and amounts of variance explained in
addition to previously added variables, of each environmental variable in the model
were calculated and tested for significance using Monte Carlo permutation tests
(999 random permutations). Only environmental variables explaining significant
amounts of variance (p ď 0.05) were retained in the model and tested for significance.
We also determined and report the variance attributed to each variable independent
of other environmental variables (marginal effects). Fish and environmental data
were log(x + 1) transformed before CCA to reduce the influence of outliers on the
results. The relationships between species and the selected environmental variables
were examined in CCA ordination plots based on species scores. Since rare species
may have strong influence in ordinations, the analyses were also performed on
reduced data sets, excluding taxa with dominace index (D) ď 2% (recedent species).
All ordinations were performed in CANOCO version 4.5 [41].

In hierarchical cluster analysis (HCA), objects are classified based on their
similarity to other objects in the cluster based on a predetermined selection criterion.
HCA was applied to investigate the grouping of the sampling sites. The Euclidean
distances were used as a measure of similarity between sampling sites while Ward’s
error sum of squares hierarchical clustering method were applied to minimize the
increase in within-group variance. The spatial variability of fish ecological guilds
was determined from HCA using the linkage distance, reported as Dlink/Dmax. The
quotient is then multiplied by 100 as a way to standardize the linkage distance
represented on the Y-axis.

3. Results

3.1. Water Quality

The surveyed floodplain lakes differed significantly in size, depth, range of
water level fluctuations and the gradient of lateral connectivity with the adjacent
river channel, which produced a dataset with a broad range of physicochemical
parameters (Table 2). Water mineralization was average with mean electrolytic
conductivity of 542 ˘ 110 µS¨ cm´1. Lower values in the range represented lotic
habitats, and higher values were associated with lentic lakes. The pH of water was
slightly basic (pH 7.77), and it decreased significantly when water levels were high,
in particular in parapotamic water bodies (r = ´0.62; p = 0.001). Floodplain lakes
were generally abundant in organic matter with an average TOC content estimated
at 12.59 ˘ 4.64 mg¨L´1 and a significant share of DOC (10.50 ˘ 3.18 mg¨L´1). In
addition to autogenic organic matter, the accumulation of humic compounds and
decomposed organic matter from adjacent peatlands significantly contributed to an
increase in DOC in isolated lakes (48.92 ˘ 21.50 mg¨L´1). High concentrations of
suspended solids in paleopotamic habitats reduced water transparency to 1.1˘ 0.3 m.
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In para- and plesiopotamic lakes, Secchi disc visibility was significantly higher at
1.5 ˘ 0.6 and 2.0 ˘ 0.9 m, respectively. Overall productivity of the ecosystems
was related to the concentrations of chlorophyll-a, which, in paleopotamic and
plesipotamic lakes, was twice as much (~17.50 µg¨L´1) as in parapotamic habitats
(8.04 ˘ 4.03 µg¨L´1) or in the river (7.31 ˘ 0.80 µg¨L´1).

The mean concentrations of total phosphorus in the floodplain lakes were
determined at 0.35 mg¨L´1 and no significant differences were observed between the
evaluated water bodies. Phosphate phosphorus levels were higher in parapotamic
lakes (0.12 ˘ 0.05 mg¨L´1; post-hoc Duncan’s test, ANOVA; p ď 0.05) than in
paleopotamic lakes (0.07 ˘ 0.04 mg L´1). Total nitrogen concentrations increased
along the isolation gradient from 1.07 mg¨L´1 in parapotamic lakes to 1.39 mg¨L´1 in
paleopotamic lakes. The content of total inorganic nitrogen (TIN= NO2–N + NO3–N +
NH4–N) was similar among the studied floodplain lakes (0.34–1.55 mg¨L´1), but the
contribution of each N-form differed significantly relative to water retention time:
ammonium nitrogen was the predominant form in stagnant water of paleopotamic
habitats (69%), whereas nitrate nitrogen in flowing water in parapotamic water
bodies (62%).

The correlations between TP and TN concentrations vs. water levels varied
across the examined lakes (correlations are not shown in the tables). TP values
were positively correlated with water levels in plesiopotamic (r = 0.41, p = 0.02) and
parapotamic lakes (r = 0.45, p = 0.02), but no such correlations were observed in
paleopotamic lakes. Unlike TP, the rise in water levels significantly reduced TN
concentrations in all lake types (r = ´0.58; p = 0.001). DO was significantly higher
and more stable in parapotamic lakes (7.45–1.54 mg¨L´1; post-hoc Duncan’s test,
ANOVA; p ď 0.05) than in plesiopotamic (6.51–2.12 mg¨L´1) and paleopotamic
habitats (6.13–2.31 mg¨L´1).
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3.2. Fish Assemblages

A total of 18,399 fish from 23 species belonging to 6 families were sampled but
the number of specimens varied significantly across species. Cyprinidae was the
most abundant and diverse family represented by 15 species (Table 3). The family
Cobitidae was represented by three species, Percidae by two species and the families
Esocidae, Siluridae and Gadidae by one species each. The roach R. rutilus define
and the define rudd S. erythrophthalmus were eudominant species that accounted for
36% and 12% of all captured specimens, respectively. The pike E. lucius, bitterling
Rhodeus sericeus amarus, silver bream Blicca bjoerkna and sunbleak L. delineates were
dominants. Other species, including the perch Perca fluviatilis, Prussian carp C.
auratus gibelio, tench Tinca tinca, bream Abramis brama and bleak Alburnus alburnus,
were less abundant (3%–5%), but they had a stable share of the assemblage.

Among eurytopic fish, the roach R. rutilus and the pike E. lucius were
encountered most frequently (euconstants found in >75% of the sites). Other
eurytopic constant species (50% < occurrence < 75%) were the perch and silver
bream, as well as the rudd, bitterling and tench in the group of limnophilic fish.
Rheophilic species were far less abundant and amounted to 2.3% in plesiopotamic,
3.1% in paleopotamic and 8.2% in parapotamic water bodies.

Amount of rheophils in lotic habitats was 50% lower than that in the Biebrza
river channel. Along the lateral connectivity gradient of parapotamic–plesiopotamic–
paleopotamic lakes, the proportions of rheophilic species were determined at 10:5:1,
and limnophilic species at 1:2:5.

Five out of the 23 identified species have been placed on the IUCN Red
List of Threatened Species, and four are listed in Annex II to the EU Habitat
Directive (92/43/EEC). They include three rheophilic species: the asp Aspius
aspius, spined loach Cobitis taenia, and stone loach Barbatula barbatula and two
limnophylic taxa: weatherfish Misgurnus fossilis and the bitterling R. sericeus amarus.
The above species had less than 2.5% share of the fish assemblage, excluding the
bitterling, which was a dominant and frequently observed species. The Prussian
carp was the only non-native species identified in the study. However, the study
of van Damme et al. [42] showed evidence of the bitterling as non-native for the
Polish watercourses.

As many as six species colonizing the Biebrza floodplain lakes were piscivores
(Tables 3 and 4) that accounted for nearly 12.4% of all specimens. Pike represented
60% and perch 35.7% of the identified piscivores. Other predatory species, such as
the wels catfish Silurus glanis, burbot Lota lota, and the chub Squalius cephalus, were
less populous.
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3.3. Fish Response to Habitats along the Connectivity Gradient

The composition of fish species in parapotamic, plesiopotamic, and paleopotamic
floodplain lakes relative to the location of the sampling site is presented in Table 4.

Parapotamic lakes (lotic side-channels) were inhabited by 21 of the 23 identified
fish species, and the only missing taxa were the Prussian carp and the stone loach
(Appendix A). Mean fish density in the lakes amounted to 1995 specimens per ha,
which was lower in comparison with other types of lakes, and accounted for 23.9% of
captured fish (Table 4). Fish species contribution decreased between upstream arms
(9.1%) and downstream arms (6.5%). The biodiversity index of parapotamic habitats
was determined at H1 = 2.45, and species evenness at J = 0.79. Fish biomass in lakes
of that type amounted to 78.4 kg¨ha´1, which constitutes ~34% of total fish biomass,
but it was the highest near the downstream connections with the river (85.1 kg ha´1).

Active exchange of water in habitats provides similar conditions for
ichthyofauna to those noted in the Biebrza River. Eurytops accounted for 71%,
limnophils for 21%, and rheophils for only 8% of the species in parapotamic lakes. In
the group of parapotamic lakes, the roach and pike were eudominants, whereas the
rudd, perch and silver bream were dominants (Appendix A). No rheophilic species
were eudominants or dominants in the studied group of water bodies. Among
rheophilic species, only L. idus was a subdominant.

The ichthyofauna in plesiopotamic lakes was represented by all of the 23 identified
fish species. As many as 19 species were found in both upstream and middle arms,
whereas 18 taxa were observed near the connection with the river channel. The
diversified habitats along plesiopotamic lakes showed decreased water exchange,
aeration and depth gradients, and they were colonized by 41% of captured fish and
characterized by the highest biodiversity index (H1 = 2.51). One-side connected
lakes showed mean fish density determined at 2687 specimens ha´1. Fish biomass
in plesiopotamic lakes amounted to 85 kg¨ha´1 and was the highest (36.5% of
total biomass) among the studied lakes types. Although eurytops prevailed in the
species composition (72.3%), an increase in limnophils by 5%, when compared to
parapotamic lakes, has been noted. The number of limnophilic taxa (rudd, bitterling
and tench) increased with a distance from the river channel. Eudominants in the
plesiopotamic lakes were represented by roach, rudd, and pike, while dominants
by silver bream bitterling, and perch. Due to stagnant water, no psammophils were
identified, but the presence of ostracophils (bitterling) and litho-pelagophils (burbot)
was noted in the downstream section in the vicinity of the river connection.

Fish assemblages in paleopotamic lakes were represented by the lowest number
of species (17) and, consequently, the lowest biodiversity index (H’ = 2.23) in
comparison with the lakes connected to the river (Table 4). Simultaneously, isolated
water bodies were characterized by the highest evenness index (J’) of 0.82. A clear
increase in the share of limnophilic species (up to 63.1%) could be attributed to lakes'
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isolation from the river channel. The roach was the eudominant species with the
highest D index. Paleopotamic lakes provided particularly supportive habitats for
sunbleak and Prussian carp (Appendix A). Among dominant species were pike,
rudd, bitterling and tench. The number of specimens captured was almost 50%
higher than that caught in bi-connected side-channels. Fish density reached 2936
specimens¨ha´1. Despite high fish abundance, fish biomass in isolated habitats was
lower (70 kg¨ha´1, ~29% of total) than in lakes connected to the river channel.

3.4. Influence of Environmental Factors on Fish Abundance and Diversity

Three types of floodplain lakes (parapotamic, plesiopotamic, and paleopotamic),
classified based on hydrological connectivity, differed significantly in physicochemical
parameters of water and fish responses to varied habitat conditions. The canonical
correspondence analysis (CCA) biplot (Figure 2A) demonstrates the correlations
between environmental factors as lateral connectivity, water level, water quality
parameters and the abundance of fish fauna in the studied floodplain lakes. The
results of the CCA (Figure 2A) showed that eigenvalues of the first (λCC1 = 26.2%) and
second (λCC2 = 11.1%) CCA axes accounted for 70.2% of the cumulative variation in
the environmental data. The final model accounted for 22.6% of the total variance in
fish composition and all canonical axes were significant (Monte Carlo test, p = 0.002).

Ten out of 17 input variables were retained as significant contributors to the
CCA model (Table 5). The non-retained seven were redundant or did not increase
the significance. The hydrological set of variables (including isolation gradient
and water-level variability) accounted for λ1 = 18% of the species variability, while
retained physical and chemical variables, including SEC, DO, CODCr, temperature
and TOC explained in total 36%. Trophic variables (NO3–N and PO4–P) explained
11% of the variability.

The ordination space of factors CCA1 and CCA2 were clearly distinguished
by environmental variables and fish species composition, confirming previous
analyses. The first factor (CCA1) showed a gradient from highly eutrophicated lentic
sites to less eutrophicated parapotamic sites (Figure 2A). It correlated negatively
with NO3–N, SEC and PO4–P while positively with water level. Organic matter
content, expressed by CODCr and TOC, was positively correlated, whereas DO
and water transparency were negatively correlated with CCA2 (20.9% of the
variance). Significant variance explained by the lake isolation gradient (λ1 = 15%) was
confirmed by three clusters of samples comprising parapotamic, plesiopotamic, and
paleopotamic habitats (Figure 2B). Lakes situated near the river with transparent and
well-aerated waters were characterized by a predominance of rheophils, including
the burbot, ide, wels catfish, asp, gudgeon, bleak and dace. Stagnant water habitats
attracted mostly the rudd, Prussian carp, crucian carp, tench and weatherfish.
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The final model accounted for 22.6% of the total variance in fish composition and all canonical axes 
were significant (Monte Carlo test, p = 0.002). 

 

Figure 2. (A) Biplot of CCA relating score, fish, taxa abundance and environmental variables 
correlated with axes. Environmental variables are represented by arrows that approximately point 
towards the factor direction of maximum variation. The length of an arrow is proportional to the 
importance of that variable in assemblage ordination; (B) CCA ordination plot of samples grouped 
according to hydrological connectivity. Inserted table shows summary of the results of the CCA 
including eigenvalues, correlations and percentage of variation explained by the two canonical axes 
(CCA1 and CCA2). For fish species abbreviations, see Table 2. 

Ten out of 17 input variables were retained as significant contributors to the CCA model (Table 5). 
The non-retained seven were redundant or did not increase the significance. The hydrological set of 
variables (including isolation gradient and water-level variability) accounted for λ1 = 18% of the 
species variability, while retained physical and chemical variables, including SEC, DO, CODCr, 
temperature and TOC explained in total 36%. Trophic variables (NO3–N and PO4–P) explained 11% 
of the variability. 

Table 5. Marginal effect (absolute) and conditional effect (additional) explained by each 
environmental variable in the constrained ordination listed after the automatic forward selection. The 
P values and F-statistics were obtained by Monte Carlo test (999 permutations). 

Variable 
Marginal Effects Conditional Effects 

λ1 * λA ** P F-Value 
Isolation from the river 0.15 0.13 0.002 14.92 

Water transparency 0.06 0.07 0.002 8.86 
SEC 0.05 0.05 0.002 6.06 
DO  0.03 0.05 0.002 5.88 

CODCr  0.05 0.03 0.006 3.91 
Temperature 0.02 0.03 0.004 3.77 
Water level 0.03 0.02 0.004 3.53 

PO4–P 0.07 0.03 0.004 3.12 
NO3–N 0.04 0.01 0.020 2.33 

TOC 0.04 0.01 0.020 2.32 
*λ1 indicates the percentage of the variability explained by a single variable. ** λA indicates the 
percentage of the variability explained by a variable after the forward selection starting from the best 

Figure 2. (A) Biplot of CCA relating score, fish, taxa abundance and environmental
variables correlated with axes. Environmental variables are represented by arrows
that approximately point towards the factor direction of maximum variation. The
length of an arrow is proportional to the importance of that variable in assemblage
ordination; (B) CCA ordination plot of samples grouped according to hydrological
connectivity. Inserted table shows summary of the results of the CCA including
eigenvalues, correlations and percentage of variation explained by the two canonical
axes (CCA1 and CCA2). For fish species abbreviations, see Table 2.

Forward selection revealed that in the group of input environmental variables,
hydrochemical parameters were significant in explaining fish occurrence and
abundance patterns in the studied floodplain lakes. White bream and pike were
related to habitats with higher NO3–N concentrations and lower water levels.
Limnophilic species (crucian carp and tench) preferred habitats with higher COD and
TOC and lower DO content, which are characteristic of lakes isolated from the river.
In contrast, rheophilic (burbot) and eurytopic (perch and bleak) species preferred
transparent and well aerated water. The availability of dissolved oxygen (DO) is the
key contributor to fish yield in lakes. The highest share of fish specimens in water
containing > 7 mg DO L´1 confirmed distinct preferences of fish for inhabiting water
bodies supplied with river water; this is presented in the form of species pies charts
in Figure 3A. The diagrams of pies charts based on water levels, as presented in
Figure 3B, showed that water stage is a significant factor that changes the quantitative
structure of fish species in floodplain lakes.

As typical inhabitants of isolated lakes, limnophils differed significantly
(ANOVA, post-hoc Duncan’s test, p ď 0.05) from other guilds during low water stages
(Figure 4). In the group of rheophilic species, the chub predominated at low water
(50% of specimens), mainly in lakes of high water exchange. High water (potamophase)
did not contribute to an increase in species abundance. Only two species, the ide and
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asp, adapted to higher water stages, and their share during that period reached 65%
and 60%, respectively (Figure 3A). The above taxa contributed the group of rheophils
that were characterized by significant differences (ANOVA, post-hoc Duncan’s test,
p ď 0.05) during high water. Eurytops were more opportunistic and had no water
stage preferences, but their share in lentic lakes decreased during floods (Figure 4).

Table 5. Marginal effect (absolute) and conditional effect (additional) explained by
each environmental variable in the constrained ordination listed after the automatic
forward selection. The P values and F-statistics were obtained by Monte Carlo test
(999 permutations).

Variable
Marginal Effects Conditional Effects

λ1 * λA ** P F-Value

Isolation from the river 0.15 0.13 0.002 14.92
Water transparency 0.06 0.07 0.002 8.86

SEC 0.05 0.05 0.002 6.06
DO 0.03 0.05 0.002 5.88

CODCr 0.05 0.03 0.006 3.91
Temperature 0.02 0.03 0.004 3.77
Water level 0.03 0.02 0.004 3.53

PO4–P 0.07 0.03 0.004 3.12
NO3–N 0.04 0.01 0.020 2.33

TOC 0.04 0.01 0.020 2.32

*λ1 indicates the percentage of the variability explained by a single variable. ** λA
indicates the percentage of the variability explained by a variable after the forward
selection starting from the best variable (marginal effects). Each subsequent variable is
ranked on the basis of the fit that the variable gives in conjunction with the variables
already selected (conditional effects).
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Figure 3. Biplots of CCA with species pies classes distinguished for: (A) water
aeration (dissolved oxygen, DO in mg¨L´1); and (B) zones of water levels: low;
mean and high water. Each pie chart in the figure represents the percentage of
individuals of a given species in selected classes of dissolved oxygen and water
levels. Rare species were down weighted. For fish abbreviations, see Table 2.
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The present study showed that variations in fish abundance and community structure were 
related to environmental variables in floodplain lakes of the Middle Basin of the Biebrza River. 
Furthermore, the diversity of environmental conditions in the lakes produced distinctive fish guilds. 
Major environmental gradients related to the structuring of fish communities involved degree of 
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nutrients such as PO4–P, NO3–N and TOC played a minor role. 

Figure 4. Effect of water level on the ecological fish guilds in floodplain lakes
differed by hydrological connectivity: LW, low water; MW, mean water; HW,
high water. Different letters denote groups of means, statistically different in the
Duncan’s test, post-hoc, two-way ANOVA, at p ď 0.05.

Hierarchical cluster analysis (HCA) performed on the percentage of species
abundance in nine lake-sites produced four clusters of objects (Figure 5). Cluster I
covered lentic sites with a high percentage of limnophils (56%) and complementary
species, mainly eurytops. The cluster comprised the predominant species in lentic
habitats: the Prussian carp, crucian carp, sunbleak, bitterling and weatherfish. Cluster
II was characterized by a significant share (58%) of eurytopic species. Clusters III
and IV had a similar share of rheophils (40% in total), including the asp, gudgeon,
chub, dace and spine loach.
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Figure 5. Dendrogram of Hierarchical Cluster Analysis (HCA) for upstream (-up),
middle parts (-mid) and downstream arms (-down) of floodplain lakes types based
on % of fish abundance data, obtained by using the Ward’s method as linkage rule
and Euclidean distance as a metric for distance calculation. Statistically significant
clusters when (Dlink/Dmax) ¨ 100 < 60.
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4. Discussion

The present study showed that variations in fish abundance and community
structure were related to environmental variables in floodplain lakes of the Middle
Basin of the Biebrza River. Furthermore, the diversity of environmental conditions in
the lakes produced distinctive fish guilds. Major environmental gradients related to
the structuring of fish communities involved degree of isolation from the river, water
transparency, SEC, DO, COD, temperature and water levels, whereas nutrients such
as PO4–P, NO3–N and TOC played a minor role.

Lateral connectivity was found to be a key driver in shaping fish assemblage
attributes in the studied floodplain lakes. It promotes fish migration, and thus species
exchange, when the surface pathway is maintained between river channel and water
ecosystems. Kwak [43] reported that the increase in lateral movement of fishes
between the river channel and floodplain habitats is enhanced by the increasing
river discharge. In the case of the Biebrza River, the fish colonization of isolated
water bodies probably occurs annually in spring when frequency and duration of
connection is greatest. Flood-pulse of water is an essential factor that determines
nutrient cycling, which is consistent with the hypothesis postulated by, e.g., Amoros
and Bornette [44] or Junk and Watzen [23]. The connection of lakes with the main
river channel during periods of high water provides the input of well-aerated river
water, which protects the lakes against severe oxygen deficits. It is a period of
somewhat “deep breath”, which enables many organisms to survive in isolation, and
may be crucial for maintaining their populations [15]. During low water periods,
particularly in summer, the decreasing gradient of oxygen resources is the most
distinct: from optimal aeration (ca. 7 mg DO¨L´1) in parapotamic lakes towards
paleopotamic lakes with significant DO deficits (<2 mg¨L´1). For example, DO
measurements performed in the summer of 2011 in vertical profiles of isolated lakes
during a low water stage revealed a shortage of oxygen already 0.4 m below the
water table. According to estimates, more than two-thirds of the water volume in
isolated lakes could experience anaerobic conditions in summer (not shown in the
figure drawing), which could have significant implications for fish populations in
those ecosystems.

Lateral gradient of lake connectivity is directly related to fish densities, which
increased from ca. 2000 in lotic to 3000 specimens¨ha´1 in lentic habitats. Parapotamic
lakes were inhabited by 24%, plesiopotamic by 41% and paleopotamic lakes by
35% of the evaluated fish population. Similar to the study of Winemiller et al. [15],
we observed higher values of the biodiversity index (H1) in floodplain lakes than
in the Biebrza River. In our study, H1 was higher in plesiopotamic lakes than in
parapotamic and paleopotamic lakes. The evaluated lake types were arranged in
the following sequence based on the values of H1: plesiopotamic > parapotamic >
paleopotamic. The results of this study confirm the findings of Tockner et al. [21]
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or Guti [9] for the Danube, where the structure of ecological fish guilds changed
from rheophilic to limnophilic and the diversity of fish species decreased in the
lateral transect along with the increased distance from the main river channel and
a decrease in hydrological connectivity. Along the lateral connectivity gradient
of parapotamic–plesiopotamic–paleopotamic lakes, the proportions of rheophilic
species were determined at 10:5:1, and limnophilic species-at 1:2:5. High species
diversity in the analyzed floodplain lakes resulted from the co-occurrence of
eurytopic, limnophilic and rheophilic guilds.

The ichthyofauna in the Biebrza floodplain lakes was most abundant in eurytops
(59% of all specimens), that live under both lotic and lentic conditions. A wide range
of microhabitats in semi-lotic lakes creates greater opportunities for eurytopic species,
which are capable of living in varied habitats, than lotic or lentic environments.
The predominant eurytopic species were the roach, pike, rudd, bream and bleak.
Long-term isolation allows for a succession of the fish assemblage towards floodplain
specialist limnophilic species [10]. Limnophilic species accounted for 37% of the
evaluated fish guilds, where the Prussian carp was the eudominant, and the crucian
carp, bitterling and tench were the dominants. The above species are tolerant of
habitats with low oxygen resources and high organic matter content (e.g., Prussian
carp) that are found in isolated water bodies. Limnophils abundance was highly
correlated with water quality descriptors (COD, TOC, DOC, NH4–N and TN)
characteristic of fertile and productive ecosystems. Other variables, including pH,
DO, turbidity and macrophyte cover, also influenced fish assemblages inhabiting
isolated water bodies as reported in temperate floodplains [15,17,45]. Adaptation
to anoxic conditions of the floodplain specialists is often accompanied by poor
competitive abilities and predation avoidance, resulting in low population densities
and high mortalities in multispecies fish assemblages, as in crucian carp [46].
Thus, long-term isolated floodplain lakes in advanced successional stages with a
tendency to temporary anoxia provide important refuge habitats for these species [45].
Advanced successional stages of such lakes provide most suitable habitats for
still-water species and specialist species that have evolved physiological adaptations
and strategies to survive hypoxic and anoxic conditions [10]. Accordingly,
limnophilic fish are essential elements of the typical fish community of floodplain
aquatic ecosystems and thus can serve as an indicator of their ecological integrity. We
share the opinion of Welcomme et al [20] that isolated lakes are at least as important
as the lakes with high rates of water exchange as fish habitats. Isolated lakes offer
a rich array of habitat types at different stages of succession, and they are in direct
need of statutory protection.

Our findings are consistent with the results of previous studies on fish
assemblage metrics among floodplain lakes. In a study of fish assemblage structure
among oxbow lakes of the Brazos River (Texas) species richness, diversity, and
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evenness were greatest in the connected oxbow lake [15]. Similarly, Galat et al [47],
Miranda [12,45], and Petry et al [48] noted more species in oxbow lakes that are
connected to the Mississippi, Missouri, and the Parana River (Brazil), respectively,
than in lakes permanently separated from the river. They observed greater species
richness in connected floodplain water bodies than in isolated water bodies. Also
Dembkowski and Miranda [13], based on the monitoring of fish assemblages in two
segments of an oxbow lake, one connected to and the other isolated from the Yazoo
River, stated that greater species richness, diversity, and evenness were observed in
the connected segment than isolated one.

Although the environmental variables play an initial role in structuring the
fish assemblage, biological interactions are then superimposed on that structure.
Thus, the influence of biotic factors, such as predator–prey interactions [18,49], which
are significant determinants of assemblage composition, cannot be ruled out. The
present study has suggested associations between environmental variables and fish
abundance, but both interspecific and intra-specific biotic interactions remain to be
studied in this system. Although the analyzed floodplain area is characterized by
nearly pristine conditions as part of the Biebrza National Park, our results could be
underestimated because legal angling and the significant increase in the number of
poached fish exert pressure on the local fish assemblage. Unfortunately, fish loss is
difficult to estimate. It should be noted, however, that fish abundance and biomass
exceed the values reported in other temperate floodplain lakes, such as the lower
section of the Vistula River [50], but any comparisons should be performed with
great caution due to differences in the applied equipment and calculations methods.

To protect and improve the biotic integrity of these relict ecosystems, knowledge
about the influence of historic and contemporary connectivity with adjacent rivers
on fish species richness, diversity, and assemblage composition is essential [15].
Nevertheless, long-term data about connectivity are seldom available as these lakes
are often located in remote areas and lack continued monitoring. An interesting
background to a trend assessment can be drawn up from previous studies preformed
within the Biebrza River. A comparison of our results with the findings of the most
recent study that investigated fish communities in the Biebrza River in 1997 and
1998 [51] indicates that the composition of various fish guilds in the quantitative
structure of fish communities was not affected by anthropogenic changes. An analysis
of historical [14,30] and present data revealed that the fish assemblage in the Middle
Biebrza floodplain is still characterized by high species diversity (23 species at
present, 26 species in 1983) and even higher fish abundance (4% increase in connected
backwaters and 23% increase in disconnected backwaters) and fish biomass (10%
increase in connected backwaters and 54% increase in disconnected backwaters) than
in the past. The results point to the effectiveness of the nature conservation program
covering the floodplain area, which has been included in the Biebrza National Park
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(established in 1993), the largest nature reserve in Poland. Results of that comparison
support our hypothesis that fish populations are important bioindicators of ecological
integrity in the river network under natural flood-pulsing conditions. We suggest
that maintenance or restoration of connection should be an integral part of the fluvial
ecosystem management plans.

5. Conclusions

The heterogeneity of floodplain habitats resulting from variations in
hydrological connectivity driven by the flood pulse in the Middle Basin of the Biebrza
River provides optimal habitat condition for fish lifecycle in the temperate climate
zone. Habitat diversity within that natural river floodplain shows that a mosaic of
habitats within a single floodplain can provide fish assemblages with shelter and
supportive conditions for spawning, breeding and feeding. These findings should
be taken into consideration to maximize the success of future restoration projects in
regulated river floodplains. The Biebrza River is one of the few surviving natural
watercourses that present us with a rare opportunity to explore ecological interactions
under natural river conditions.

Our results indicate that the Biebrza River could represent reference conditions
for promoting fish species diversity. Pristine riverine ecosystems in the Middle
Basin of the Biebrza River contribute to the diversity of fish species, but effective
conservation of fish resources requires the preservation of variously aged lakes that
provide a wide range of habitats for diverse aquatic biota.
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An Efficiency Analysis of a Nature-Like
Fishway for Freshwater Fish Ascending
a Large Korean River
Jeong-Hui Kim, Ju-Duk Yoon, Seung-Ho Baek, Sang-Hyeon Park,
Jin-Woong Lee, Jae-An Lee and Min-Ho Jang

Abstract: Using traps and passive integrated transponder (PIT) telemetry, we
investigated the effectiveness of the nature-like fishway installed at Sangju Weir on the
Nakdong River, Korea. In 11 regular checks over the study period, 1474 individuals
classified into 19 species belonging to 5 families were collected by the traps,
representing 66% of the species inhabiting the main channel of the Nakdong River.
PIT tags were applied to 1615 individuals belonging to 22 species, revealing fishway
attraction and passing rates of 20.7% and 14.5%, respectively. Interspecific differences
were also shown. For 63.2% of fishes, it took more than a day to pass through
the fishway. Some individuals spent a longer time (>28 days) inside the fishway,
suggesting the fishway was also being used for purposes other than passage. In this
study, we verified species diversity of fish using a nature-like fishway installed in
a large river in Korea. The results of this study provide a useful contribution to
the development of fishways suitable for fish species endemic to Korea and for
non-salmonid fish species worldwide.

Reprinted from Water. Cite as: Kim, J.-H.; Yoon, J.-D.; Baek, S.-H.; Park, S.-H.;
Lee, J.-W.; Lee, J.-A.; Jang, M.-H. An Efficiency Analysis of a Nature-Like Fishway for
Freshwater Fish Ascending a Large Korean River. Water 2016, 8, 3.

1. Introduction

A large number of structures such as dams and weirs have been constructed
across rivers and streams for management of water resources. These structures
alter the physical properties of rivers and riverine environments, and affects water
quality by slowing down its flow. They also affect the movement of migratory fish
by reducing the longitudinal connectivity of the river [1,2]. Adverse effects of such
artificial structures across rivers have been reported for the local aquatic ecosystems,
especially in relation to decreases in the number of anadromous fish communities,
such as salmonid and lamprey fish, due to the obstruction of movement to their
respective spawning habitats. For freshwater fish species, genetic discontinuity
between the upstream and downstream populations can also occur [3,4].

Fishways (fish ladders, fish passes, or fish steps) are the most effective solution
to the problems related to the blocked downstream and upstream movements of
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aquatic fauna caused by manmade structures in rivers [5]. Early fishway construction
targeted only a few fish species with strong swimming abilities, such as adult
salmonids [6], but recent trends are directed at making fishways available for the
passage of all species in all life stages [7]. Among the various types of fishways,
nature-like fishways are constructed with boulders, large wooden debris, and
riparian vegetation to imitate natural environments, instead of concrete or steel,
thus producing hydrodynamic and morphological properties similar to those of
natural rivers [8,9]. Owing to these characteristics, unlike other fishways, nature-like
fishways can be used by fish species with a wide range of sizes and swimming
abilities [10]. Best-suited for the original purpose of fishways, nature-like fishways
are being constructed across the world in increasing numbers [11]. In Korea too,
nature-like fishways are attracting increasing amounts of attention, and 8 nature-like
fishways have been constructed in large rivers since 2010.

By regularly monitoring the use of a fishway after its installation, not only can
its attraction and passage efficiencies be checked, but useful data for its efficient
management can also be obtained to better address fish movement issues. The
most common conventional monitoring method, which is still frequently used [12],
is to count the number of individuals passing through the exit of the fishway. In
particular, customized traps are often used owing to their advantages in identifying
the species, numbers, and sizes of individuals using fishways, and can also be
used for collection purposes. On the other hand, fish telemetry using passive
integrated transponder (PIT) tags, radio tags, or acoustic tags is mostly used for
assessing the attraction and passage efficiencies of a fishway [7]. Such tagging
methods deliver detailed information on fish behavior and movement, enabling
an accurate quantitative evaluation of its attraction and passage efficiencies [13].
However, telemetry methods can only selectively monitor the tagged species, and
thus cannot deliver the data for identifying all fish species using the fishway. These
disadvantages can be overcome by the combined use of these two methods to obtain
accurate high-quality information for fishway management.

This study aimed to obtain accurate data necessary for evaluating the efficiency
of a nature-like fishway constructed on a large river by applying a refined method
combining customized traps and a PIT telemetry system to both identify the species
and sizes of fishes using the fishway and evaluate the attraction and passage
efficiencies. Additionally, we presented measures to improve the efficiency of the
fishway by analyzing the correlation between the upstream water level and fishway
use data.
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2. Materials and Methods

2.1. Study Site

The Nakdong River (525.15 km in length) is one of the longest rivers in Korea.
Its main channel has a midstream width of at least 100 m and up to 1 km in some
downstream areas. Eight large weirs have been constructed in the main channel
to manage water resources and control water flow (Figure 1). Of the 8 weirs in the
Nakdong River, Sangju Weir lies the furthest upstream. It is 335 m long and 11 m
high, with a nature-like fishway installed on the right side and a small hydropower
plant on the left side. The upstream water level is constantly maintained at its
management water level of 47.00 m AMSL, except during the flooding season.

2.2. Fishway

The study site was the nature-like fishway installed on the right side of Sangju
Weir (Figure 1). The fishway is 700 m long in total, at a slope of 1/100. It has a zigzag
path designed to make optimal use of the narrow space. Its width ranges from 6 m to
18 m (mean = 7.4 m), with slight differences per section. Although the water depth
of the fishway is maintained at an average of 50 cm, it fluctuates depending on the
inflow rate into the fishway and the location within the fishway. The inflow rate
into the fishway varies in accordance with the upstream water level. The fishway
was thus designed to induce an optimal inflow rate, provided that Sangju Weir is
maintained at its intended water level.Water 2015, 7, 0003 

3/19 

 
Figure 1. The location of Sangju Weir on the Nakdong River in Korea, the positions of the 4 PIT 
antenna lines along the fishway, and 6 traps at the exit of the fishway used during the sampling period. 

2.3. Ichthyofauna of the Nakdong River 

To determine the fish species that might use the fishway, the ichthyofaunal assemblages of 
communities found in the main channel of the Nakdong River were analyzed. Fish were collected at 
one upstream site and one downstream site, both at a 1 km distance from Sangju Weir. A cast net 
(mesh: 7 mm; area [πr2]: 16.6 m2) and a fyke net (mesh: 5 mm) were used as active and passive 
fishing gear, respectively. The cast net was thrown 15 times for each survey, and the fyke net was set 
for 48 h. After measuring the total length (TL, mm) of the collected fish on site, they were released 
back to the stream at the same point as collection. Surveys were carried out 4 times (July and 
October 2012, March and May 2013) at 2–3 month intervals, excluding the winter months. 

2.4. Fishway Monitoring 

2.4.1. Trap Monitoring 

To identify the species and number of individuals using the fishway, 6 traps (dimensions:  
1 × 1 × 0.7 m; mesh: 4 mm) were installed at the exit of the fishway (Figure 1), which blocked the 
entire fishway exit. All ascending fish were thus collected. The traps were installed for monitoring 
once per month for 11 months between June 2012 and July 2013. Due to the limited mobility of fish 
at low water temperatures, the winter months (December 2012 through February 2013) were 
excluded from monitoring. The traps were installed at 16:00 and collected after 24 h. According to 
the study by Lee et al. [14], which evaluated the same type of trap we used in this study, the 
installment of the trap did not significantly affect the water velocity within the fishway. Therefore, 
we assume the installment of the trap did not affect the fish using the fishway. However, when a 
trap is installed for a long period, it may come loose, or debris may accumulate. Therefore, we 
checked the status of the trap every 6 h following the installment. Before being released upstream of 
the weir, the number of collected individuals were counted per species and TLs were measured. 

2.4.2. PIT Telemetry 

We applied PIT telemetry to monitor the efficiency of the fishway from July 2012 to July 2013, 
on a total of 1615 individuals of 22 species from 8 families (Table 1). Samples were collected using a 
cast net (mesh, 7 mm) and fyke net (mesh, 5 mm) within 1 km downstream of the weir. Collected 
fish were immediately moved to an aerated plastic tank (1 × 1 × 0.7 m) and stabilized for 30 min 
prior to tag implantation. Each fish without visible injuries was subsequently anaesthetized using 0.1 
g·L−1 ethyl 3-aminobenzoate methanesulfonate salt (Sigma-Aldrich, Munich, Germany), after which its 
TL and body weight (BW) were measured (Table 1). A 3-mm-long incision was made on the ventral 
body surface and a PIT tag (12 mm in length and 2.12 mm in diameter, FDX-B, Finfotech, South 

Figure 1. The location of Sangju Weir on the Nakdong River in Korea, the positions
of the 4 PIT antenna lines along the fishway, and 6 traps at the exit of the fishway
used during the sampling period.
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2.3. Ichthyofauna of the Nakdong River

To determine the fish species that might use the fishway, the ichthyofaunal
assemblages of communities found in the main channel of the Nakdong River were
analyzed. Fish were collected at one upstream site and one downstream site, both at
a 1 km distance from Sangju Weir. A cast net (mesh: 7 mm; area [πr2]: 16.6 m2) and
a fyke net (mesh: 5 mm) were used as active and passive fishing gear, respectively.
The cast net was thrown 15 times for each survey, and the fyke net was set for 48 h.
After measuring the total length (TL, mm) of the collected fish on site, they were
released back to the stream at the same point as collection. Surveys were carried
out 4 times (July and October 2012, March and May 2013) at 2–3 month intervals,
excluding the winter months.

2.4. Fishway Monitoring

2.4.1. Trap Monitoring

To identify the species and number of individuals using the fishway, 6 traps
(dimensions: 1 ˆ 1 ˆ 0.7 m; mesh: 4 mm) were installed at the exit of the fishway
(Figure 1), which blocked the entire fishway exit. All ascending fish were thus
collected. The traps were installed for monitoring once per month for 11 months
between June 2012 and July 2013. Due to the limited mobility of fish at low water
temperatures, the winter months (December 2012 through February 2013) were
excluded from monitoring. The traps were installed at 16:00 and collected after 24 h.
According to the study by Lee et al. [14], which evaluated the same type of trap we
used in this study, the installment of the trap did not significantly affect the water
velocity within the fishway. Therefore, we assume the installment of the trap did
not affect the fish using the fishway. However, when a trap is installed for a long
period, it may come loose, or debris may accumulate. Therefore, we checked the
status of the trap every 6 h following the installment. Before being released upstream
of the weir, the number of collected individuals were counted per species and TLs
were measured.

2.4.2. PIT Telemetry

We applied PIT telemetry to monitor the efficiency of the fishway from July 2012
to July 2013, on a total of 1615 individuals of 22 species from 8 families (Table 1).
Samples were collected using a cast net (mesh, 7 mm) and fyke net (mesh, 5 mm)
within 1 km downstream of the weir. Collected fish were immediately moved to an
aerated plastic tank (1ˆ 1ˆ 0.7 m) and stabilized for 30 min prior to tag implantation.
Each fish without visible injuries was subsequently anaesthetized using 0.1 g¨L´1

ethyl 3-aminobenzoate methanesulfonate salt (Sigma-Aldrich, Munich, Germany),
after which its TL and body weight (BW) were measured (Table 1). A 3-mm-long
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incision was made on the ventral body surface and a PIT tag (12 mm in length and
2.12 mm in diameter, FDX-B, Finfotech, Korea), was inserted into the abdominal
cavity. A biological bond (Vetbond; 3M, Minnesota, USA) was used to prevent water
from entering the cavity. After tag insertion, the fish was then moved to an aerated
plastic tank (1 ˆ 1 ˆ 0.7 m) for recovery. Tagged fish were released at the release
site 300 m downstream from the fishway entrance, and their fishway usage patterns
were tracked.

The total length of the nature-like fishway installed at Sangju Weir is 700 m.
With the first 50 m from the entrance (lower end) constantly immersed, the actual
length used by the fish is 650 m. Four antenna lines (1st line at the entrance, 2nd and
3rd lines in the middle, 4th line at the exit) were installed at intervals of 200–230 m.
We used rectangular PIT antennas (1 (w) ˆ 0.4 (h) m, F-12030, Finfotech, Korea), and
each antenna line comprised 5 antennas. Since a signal could be detected whenever a
fish passes inside an antenna and up to 15 cm outside of it, the total detection range of
each antenna was 130 cm. By installing them at 30 cm intervals to ensure detections
free of inter-antenna interference, each antenna line consisting of 5 antennas had
a signal detection range of 6.5 m. In other words, the antennas were arranged so
that any signal emitted within the fishway at a given moment could be detected
by one antenna. The 4 antenna lines were numbered from the entrance to the exit
for easy identification. Tests were performed every 2 weeks to check the operation
and detection range of each antenna in the following manner. Each antenna was
connected to a reader (Finfotech, Korea), and readers were connected to a data logger
(Finfotech, Korea). Detection data that was stored in a data logger was subsequently
transferred to a database [15] by the code division multiple access (CDMA) method
every 10 min. More detailed information about the PIT antenna are available in the
study of Yoon et al. [16] using the same antenna system.

To determine the factors that affect the efficiency of the fishway, the water
velocity in the fishway and the upstream water level were measured. Water velocity
was measured with a handheld velocity meter (FP111, Global Water, TX, USA) at the
exit of the fishway. The flow rate in the fishway was calculated on the basis of the
water depth and velocity at the exit. The water velocity and flow rate were monitored
16 times during the study period in accordance with upstream water level variations.
Upstream water levels were extracted from the data collected by the Nakdong River
Flood Control Office at 10-min intervals.
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2.5. Data Analysis

To evaluate the efficiency of the fishway, the attraction rate, passing rate, passing
time, and movement time were calculated for each species. Attraction rate was the
percentage of all tagged individuals that were detected by antennas installed in the
fishway. Passing rate was the percentage of the total number of individuals that
were detected at the 4th antenna line and that did not move back to the range of
the other (1st–3rd) antenna lines [13,17]. Additionally, we tracked fish movements
inside the fishway and presented the distances covered by the individuals after
entering the fishway. Passing time, which is the time taken for an individual to move
from the entrance to the exit (650 m), reflects its swimming speed. The movement
time between the antennas (3 sections) was calculated and compared by section
(low section: 1stÑ2nd; middle section: 2ndÑ3rd; upper section: 3rdÑ4th). A
Spearman’s rank correlation analysis was carried out on Zacco platypus, which passed
the fishway most frequently, to determine the correlation between passing time and
TL. To investigate the interspecific differences in fishway usage, a one-way ANOVA
test was performed to analyze the upstream water level at the time of fishway
usage by the 4 most frequently passing species (Z. platypus, Opsariichthys uncirostris
amurensis, Pseudogobio esocinus, and Hemibarbus longirostris). Additionally, the daily
movement pattern of each species was compared and analyzed. All analyses were
performed using SPSS ver. 20.0 (SPSS Inc., Chicago, IL, USA).

3. Results

3.1. Species Assemblages of the Fish Collected in The Nakdong River and the Fishway Traps

Twenty-eight species from nine families were collected upstream and
downstream in the Nakdong River’s main channel. Of these, 19 species belonged to
the Cyprinidae family, and their relative abundance was very high (97.8%) compared
to other families. Nineteen species from five families were collected from the traps
installed at the exit of the fishway. Hence, 66.0% of the fish species inhabiting the
main channel of the Nakdong River used the fishway (Table 2). The species that used
the fishway most frequently were O. u. amurensis (RA, 39.9%), followed by Hemibarbus
labeo (39.2%), Z. platypus (8.1%), P. esocinus (4.2%), and Squalidus chankaensis tsuchigae
(3.4%), which were also the dominant species among those collected in the Nakdong
River’s main channel. Four of the seven endemic species (57.0%) collected from the
main channel were also collected in the fishway. Up to 11 species were found to be
using the fishway on the same day (in July and August 2012).
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The frequency of fishway usage decreased during the low water temperature
season (none in November; two species in March). The TL distribution of fish species
inhabiting the main channel of the Nakdong River demonstrated that individuals
ranging in sizes from 50 to 100 mm accounted for approximately 50% of the total,
and the ratio gradually decreased as the size of the individuals increased. The range
of the TL distribution of fish that used the fishway was 39–550 mm. Moreover, the
size distribution of individuals using the fishway was not limited to a certain size.
Fish of various sizes utilized the fishway evenly. This differs from the main channel
of the Nakdong River (Figure 2).
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with the attraction rates of Z. platypus, O. u. amurensis, and P. esocinus, three species predominantly 
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fishway succeeded in passing it and moving upstream of Sangju Weir, showing a passing rate of 14.5%. 
Z. platypus showed the highest number of individuals attracted to the fishway, but a below-average 
passing rate (11.6%, 17/147), whereas Leiocassis ussuriensis showed a passing rate of 100% because the 
only individual of this species that was attracted to the fishway passed it. Some individuals of H. labeo,  
P. esocinus, Z. platypus, and O. u. amurensis attracted to the fishway were detected by the 4th antenna line 
at the exit, but turned back into the fishway instead of moving upstream into the main channel of the 
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the fishway within 1 day, while the rest took longer (Table 3), 26.3% of which stayed in the fishway 
for more than 10 days. The average passing time ranged from 1.2 h to 1559.4 h, showing  
species-dependent differences. Considerable intraspecific variations in passing time were also verified. 
For Z. platypus, for example, the shortest and longest stays in the fishway were 31.7 h and 2135.0 h. To 
analyze the effect of body length on passing time, we performed a Spearman’s rank correlation 
analysis between the TL and the passing time of Z. platypus, which passed the fishway most 
frequently, but no statistically significant correlation was confirmed (rs = 0.071, p > 0.05). The 
average attraction time it took each tagged fish to move 300 m from the release site to the fishway 
entrance was 627.6 h, which amounts to more than 26 days. Additionally, the attraction time varied 

Figure 2. The size distribution of the fish captured by the traps in the nature-like
fishway and collected from the main channel of the Nakdong River. Size class
intervals were 50 mm.

3.2. Efficiency of the Fishway

Of the 1615 PIT-tagged individuals, 334 individuals were detected in the fishway,
showing an attraction rate of 20.7% (Table 1). The species-dependent attraction rate
varied widely (0%–50%), with the attraction rates of Z. platypus, O. u. amurensis,
and P. esocinus, three species predominantly tagged, being 17.6%, 29.0%, and 15.6%,
respectively. Only 49 of the 334 individuals attracted to the fishway succeeded in
passing it and moving upstream of Sangju Weir, showing a passing rate of 14.5%.
Z. platypus showed the highest number of individuals attracted to the fishway, but
a below-average passing rate (11.6%, 17/147), whereas Leiocassis ussuriensis showed
a passing rate of 100% because the only individual of this species that was attracted
to the fishway passed it. Some individuals of H. labeo, P. esocinus, Z. platypus, and
O. u. amurensis attracted to the fishway were detected by the 4th antenna line at the
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exit, but turned back into the fishway instead of moving upstream into the main
channel of the Nakdong River.

The analysis of passing time through the fishway revealed that 36.8% of the
individuals passed the fishway within 1 day, while the rest took longer (Table 3),
26.3% of which stayed in the fishway for more than 10 days. The average passing time
ranged from 1.2 h to 1559.4 h, showing species-dependent differences. Considerable
intraspecific variations in passing time were also verified. For Z. platypus, for example,
the shortest and longest stays in the fishway were 31.7 h and 2135.0 h. To analyze the
effect of body length on passing time, we performed a Spearman’s rank correlation
analysis between the TL and the passing time of Z. platypus, which passed the fishway
most frequently, but no statistically significant correlation was confirmed (rs = 0.071,
p > 0.05). The average attraction time it took each tagged fish to move 300 m from
the release site to the fishway entrance was 627.6 h, which amounts to more than
26 days. Additionally, the attraction time varied among individuals, ranging from a
minimum of 0.1 h to 7532.2 h. No specific pattern was observed when comparing the
data of different species.

The movement time in the Sangju Weir nature-like fishway varied according
to the sections (Table 4). The average length of time from the detection at the
entrance (1st antenna line) to the detection at the exit (4th antenna line) was 316.7 h,
or approximately 13 days. On the other hand, analysis of movement time by section
revealed that the longest time (mean = 284.9 h) was spent passing the first section
(from the 1st to the 2nd antenna line), which was then increasingly shortened as the
individuals approached the exit.

The results of the analysis of upstream water levels at the time of fish attraction
and passing revealed that both attraction and passing occurred more frequently
when the water level was higher than the intended management water level (47.00
m AMSL), at 47.08 m and 47.19 m AMSL, respectively (Figure 3). By substituting
the mean upstream water levels at the attraction and passing times for the changes
in water velocity and flow rate in the fishway into the regression analysis formula
(Figure 4), it was found that attraction occurred most frequently at a water velocity and
flow rate of 0.90 m¨ s´1 and 1.21 m3¨ s´1, respectively, and passing at 1.05 m¨ s´1 and
1.57 m3¨ s´1, respectively. The results of the analysis of water temperature-dependent
attraction and passing rates showed that attraction and passing occurred only at
temperatures higher than 4 ˝C and 9 ˝C, respectively, and no tagged fish were detected
in the months of January and February, when the water temperature dropped below
4 ˝C (Figure 3).
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Table 3. Passing time of the species that passed the fishway. Among the species
passing through the fishway, the 1st antenna line detection time of Carassius cuvieri,
Pseudobagrus fulvidraco, Silurus asotus, and Coreoperca herzi were not uploaded to
the database (internet server), due to a miscommunication between the data logger
and the database of the PIT telemetry system; therefore, we could not present the
passing time of these individuals.

Family Species Time (h) Proportion (%)

N Mean (SD) <1 day 1–5 days 5–10 days >10 days

Cyprinidae Hemibarbus labeo 1 168.9 100
Hemibarbus
longirostris 2 8.7 (7.9) 100

Pseudogobio
esocinus 2 127.4 (172.8) 50 50

Zacco platypus 8 470.8 (646.0) 37.5 12.5 50
Opsariichthys

uncirostris
amurensis

4 62.4 (107.4) 75 25

Erythroculter
erythropterus 1 1.2 100

Bagridae Leiocassis
ussuriensis 1 1559.4 100

Total 19 36.8 15.8 21.1 26.3

The detection times of the 4 major species using the fishway were checked
against water levels upstream of Sangju Weir. Results showed that all 4 species were
using the fishway when the upstream water level ranged from 46.80–47.30 m AMSL
(Figure 5), without statistically significant interspecific differences (one-way ANOVA
test, p > 0.05). The analysis of detection times to compare fishway usage time by
species revealed species-specific patterns (Figure 6). Z. platypus and O. u. amurensis
were using the fishway during both daytime (06:00–18:00) and nighttime (18:00–06:00)
hours, most frequently during sunset (17:00–19:00) (Figure 6a,b). In contrast,
P. esocinus and H. longirostris used the fishway mostly after sunset, avoiding the
daytime hours (Figure 6c,d).
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Figure 3. Correlations among upstream water level, water temperature change, and tag 
detection. Attraction and passing success occurred when the upstream water level was higher 
than the management water level (47.00 m AMSL), at 47.08 m AMSL and 47.19 m AMSL, 
respectively. No detection in the fishway was made between mid-December 2012 and March 
2013, when water temperature was low. 
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Figure 5. Species-specific patterns of fishway usage depending on upstream water level: 
(a) Zacco platypus; (b) Opsariichthys uncirostris amurensis; (c) Pseudogobio esocinus;  
(d) Hemibarbus longirostris. 

 
Figure 6. Species-specific patterns of fishway usage depending on the time of the day:  
(a) Zacco platypus; (b) Opsariichthys uncirostris amurensis; (c) Pseudogobio esocinus; and  
(d) Hemibarbus longirostris. For the analysis, the first attraction data of each individual were 
utilized. Time of day was divided into daytime (06:00–18:00) and nighttime (18:00–16:00, 
oblique line) hours. 

4. Discussion 

The recent trend of fishway design reflects the goal of attracting a wide variety of fish species 
rather than targeted species [18,19]. In Korea too, fishway design features focus on the species 
diversity of individuals using fishways. A comparison of the fish species using the fishway with those 
inhabiting the main channel of the Nakdong River showed that a high diversity (66%) of species 

Figure 5. Species-specific patterns of fishway usage depending on upstream
water level: (a) Zacco platypus; (b) Opsariichthys uncirostris amurensis; (c) Pseudogobio
esocinus; (d) Hemibarbus longirostris.
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Figure 6. Species-specific patterns of fishway usage depending on the time of
the day: (a) Zacco platypus; (b) Opsariichthys uncirostris amurensis; (c) Pseudogobio
esocinus; and (d) Hemibarbus longirostris. For the analysis, the first attraction data of
each individual were utilized. Time of day was divided into daytime (06:00–18:00)
and nighttime (18:00–16:00, oblique line) hours.

4. Discussion

The recent trend of fishway design reflects the goal of attracting a wide variety
of fish species rather than targeted species [18,19]. In Korea too, fishway design
features focus on the species diversity of individuals using fishways. A comparison
of the fish species using the fishway with those inhabiting the main channel of the
Nakdong River showed that a high diversity (66%) of species inhabiting the main
channel used the nature-like fishway at Sangju Weir. This included four endemic
species and one species protected under the Endangered Species Act. Thirty-four
percent of the fish species that inhabit the main channel of the Nakdong Rivier
were not observed in the fishway. Unlike the species that utilized the fishway,
these species lack the motivation to use the fishway; their usage therefore was not
confirmed. The main biological aim of installing a fishway is to enable movement
of anadromous and potamodromous fish to their spawning grounds and to help
freshwater fish downstream of the weir move upstream (and vice versa), preventing
isolation between the two areas [20]. Genetic differences between upstream and
downstream species, due to long-term isolation resulting from a structure constructed
across the river, have been reported [21]. When such situations persist and genetic
diversity decreases, certain species may become endangered or extinct. The Sangju
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Weir fishway can be used by a variety of fish species of the ichthyofaunal communities
in the main channel of the Nakdong River.

The fishway was being used by individuals of all sizes without any
size-dependent tendency, with a TL ranging from 39 to 550 mm. The nature-like
fishway has a very low slope of 1%, providing lower water velocity and turbulence
compared to other fishways [22]. Water velocity is an important parameter for the
attraction and passage efficiencies of a fishway because a high water velocity prevents
small fish with weak swimming ability from using the fishway [18]. Moreover, Stuart
and Mallen-Copper [23] reported that turbulence can also be an adverse factor for
the movement of small individuals. In this regard, the Sangju Weir fishway was
verified as having an appropriate water velocity and turbulence for a nature-like
fishway, facilitating its usage by small individuals. Furthermore, while technical
fishways have a constant water velocity and water depth due to their homogenous
structure, nature-like fishways have lower slopes and nature-mimicking irregular
substrates, producing various water depths and velocities [22]. Such nature-like
fishway environments allow fish of different sizes and swimming abilities to use the
fishway [9].

Bunt et al. [13] performed a meta-analysis using efficiency evaluation results
for various types of fishways, and noted that attraction efficiency was lowest for
nature-like fishways (mean 48%), while passage efficiency was highest (mean 70%).
At 20.7% and 14.5%, respectively, the actual attraction and passage efficiencies of
the nature-like fishway at Sangju Weir were lower than the values presented by
Bunt et al. [13]. From a structural point of view, the extremely low water velocity at
the fishway entrance is probably responsible for the low attraction efficiency [24,25].
Moreover, the fishway length is inversely proportional to passage efficiency [5].
Compared to the slopes (1.7%–7.1%) and lengths (12–370 m) of the 7 nature-like
fishways analyzed by [13], the Sangju Weir nature-like fishway has a lower slope
(1%) and is much longer (650 m), which are both considered structural characteristics
unfavorable for attraction and passage efficiencies.

According to the results of the trap survey, despite the high species diversity of
the individuals using the Sangju Weir nature-like fishway, all species were freshwater
fish, without any anadromous fish species. Since anadromous species have to ascend
the stream to return to their spawning grounds, attraction and passage efficiencies
for such species are high in most fishways [26]. On the other hand, as freshwater fish
species migrate without such a natural drive, their attraction and passage efficiencies
may vary among fishways [27]. Consequently, the final results of attraction and
passage efficiencies of the nature-like fishway at Sangju Weir can be considered to
have been affected by the ecological characteristics of the endemic fish species and
the structural characteristics of the fishway.
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The benefit of the telemetry method lies in the quantitative evaluation of the
efficiency of the attraction and passage of the fishway, which enables the provision
of plans to increase the efficiency of the corresponding fishway. In this regard,
environmental factors such as water depth, velocity, temperature, and discharge rate
were reported to affect the upstream migration of fish [28–31]. In the case of the
nature-like fishway at Sangju Weir, the flow rate and water velocity varied as the
upstream water level changed, as did its attraction and passage efficiencies. If the
optimal conditions for attraction and passage efficiencies are different, a question of
priority arises. Attraction efficiency can be increased by changing the position and
structure of the entrance without necessarily changing the flow rate [32,33], but this
has little influence on the passage efficiency. Thus, when setting standards, passage
efficiency should be prioritized and measures to increase attraction efficiency should
also be considered. The management water level of Sangju Weir is maintained
at 47.00 m AMSL, and it is difficult to maintain a higher upstream water level.
Therefore, to increase the passage efficiency of the nature-like fishway at Sangju Weir,
the structure of the fishway exit should be altered to induce an optimal flow rate of
1.57 m3¨ s´1, which was found to ensure the highest passage efficiency, provided that
the management water level upstream of Sangju Weir is maintained. This structural
alteration is expected to improve the fishway passage efficiency.

Many studies in which telemetry-based fishway evaluation was performed have
measured the attraction and passage efficiencies of fishways, but very few have
made actual passing time measurements. Compared to ice-harbor-type fishways
constructed at larger rivers, where 83% of passing individuals passed the fishway
within 6 h [16], for 63.2% of the individuals that passed the nature-like fishway at
Sangju Weir, it took more than one day. Even assuming that this difference may be
attributed to the difference in TL and the length of the fishway, some individuals
spent up to 28 days (2135.0 h) in the fishway. As the nature-like fishway has a
river-like shape, it can function as a habitat as well as a passage [34]. In other
words, it may be suspected that those individuals that stayed within the nature-like
fishway at Sangju Weir for a prolonged period of time were using the fishway as
their temporary habitat. Moreover, although the distance between each section is
similar, individuals stayed longest in the 1stÑ2nd section, which offers the largest
area (habitat space), thus supporting the assumption that the nature-like fishway at
Sangju Weir also acts as habitat. On the other hand, Agostinho et al. [35] reported the
problematic usage of the fishway by certain predator fish as their foraging area in
Brazil. In this study, we were able to observe the usage of the fishway by predator
fish such as Siniperca scherzeri, Coreoperca herzi, and Micropterus salmoides by trapping.
If these species use the fishway as their habitat and forage fish within the fishway,
this could affect the efficiency of the fishway. Therefore, further studies on the usage
of the fishway as a habitat by predator fish should be performed in the near future.
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Z. platypus, O. u. amurensis, P. esocinus, and H. longirostris were the major fish
species using the nature-like fishway at Sangju Weir, and the frequency of usage
increased without any significant interspecific differences when the upstream water
level was 47.00–47.20 m AMSL. The water velocity and inflow rate into the fishway
suitable for the passage of these fish species ranged from 0.79–1.06 m¨ s´1 and from
0.95–1.60 m3¨ s´1, respectively. These values should be considered as design factors
for future fishways likely to be used by these species.

Interspecific differences in fishway usage patterns depending on the time of
the day were observed among these 4 species. Z. platypus and O. u. amurensis were
observed to use the fishway at both daytime and nighttime hours, more frequently
during the daytime until sunset. P. esocinus and H. longirostris mostly used the
fishway during nighttime hours, with a very low daytime usage frequency. Such
time-dependent usage patterns are related to different ecological characteristics
(diurnal or nocturnal) of the species [36] and the survival strategy of avoiding visual
predators [37]. However, given the similar sizes of the species and the absence of
strong predators among cohabiting species in the fishway, it is difficult to understand
the nocturnal pattern in terms of visual predator avoidance. Thus, this difference is
assumed to be ascribable to the differences in ecological characteristics. Given the
lack of studies on these species, however, further research is required to determine
the exact reason for the time-dependent interspecific differences.
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Field Evaluation of a Stormwater Treatment
Train with Pit Baskets and Filter Media
Cartridges in Southeast Queensland
Darren Drapper and Andy Hornbuckle

Abstract: Field monitoring of a stormwater treatment train has been underway
between November 2013 and May 2015 at a townhouse development located at
Ormiston, southeast Queensland. The research was undertaken to evaluate the
effectiveness of a 200 micron mesh pit basket in a 900 square format and an 850 mm
high media filtration cartridge system for removing total suspended solids and
nutrients from stormwater runoff. The monitoring protocol was developed with
Queensland University of Technology (QUT), reflecting the Auckland Regional
Council Proprietary Device Evaluation Protocol (PDEP) and United States Urban
Stormwater BMP Performance Monitoring Manual with some minor improvements
reflecting local conditions. During the 18 month period, more than 30 rain events
have occurred, of which nine comply with the protocol. The Efficiency Ratio (ER)
observed for the treatment devices are 32% total suspended solids (TSS), 37% for total
phosphorus (TP) and 38% total nitrogen (TN) for the pit basket, and an Efficiency
Ratio of 87% TSS, 55% TP and 42% TN for the cartridge filter. The performance results
on nine events have been observed to be significantly different statistically (p < 0.05)
for the filters but not the pit baskets. The research has also identified the significant
influence of analytical variability on performance results, specifically when influent
concentrations are near the limits of detection.

Reprinted from Water. Cite as: Drapper, D.; Hornbuckle, A. Field Evaluation of
a Stormwater Treatment Train with Pit Baskets and Filter Media Cartridges in
Southeast Queensland. Water 2015, 7, 4496–4510.

1. Introduction

The release of the Queensland State Planning Policy (SPP) requires local
planning schemes to integrate the state’s interest in water quality by applying
stormwater management objectives relevant to the climatic region, or demonstrating
current best practice environmental management for urban developments. The
SPP seeks to facilitate innovative and locally appropriate solutions to achieve the
stormwater management design objectives typically 80% total suspended solids
(TSS), 60% total phosphorus (TP), and 45% total nitrogen (TN) [1].

Several documents have been released in Australia over the past decade providing
guidance on the design, modelling, construction, implementation and maintenance
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of stormwater quality management measures to achieve these objectives [2–4]. These
guidelines have typically focussed on the constructed “natural” treatment measures
including swales, biofiltration and wetlands.

Few of the guidelines include sections for demonstrating the performance of
other types of stormwater treatment solutions. When compared with international
evaluation protocols, it is apparent that the necessary detail to demonstrate
performance to local conditions is omitted from these local guidelines. This paper
presents a protocol developed for local Australian conditions by local universities
in conjunction with SPEL Environmental (SPEL), a stormwater technology supplier,
and applies it to testing an innovative stormwater treatment train in southeast
Queensland, with discussion of the performance results observed.

2. Local Field Testing Site Details

Testing has been under way for more than 18 months at a townhouse complex at
Ormiston, Queensland. The site is about 28 km east of the Brisbane Central Business
District. Runoff from the site enters the local drainage network via grated inlets and
is transported to an underground chamber for further treatment and detention prior
to its discharge into the Council network. The site has a total area of 2028 m2 with
approximately 1140 m2 of roof area (56%), 500 m2 of impervious driveway (25%)
and the balance, 388 m2 (19%) of pervious area. The stormwater treatment train
includes rainwater tanks for roof water, 900 mm square pit baskets (also known
as catch basin inserts) with a 200 micron mesh bag in each of the gully pits (catch
basins), and an underground vault with two 850 mm high media cartridge filters.
The surface runoff from the site drains through the pit baskets into the pipe network,
whereas the roofwater overflow from the rainwater tanks enters the pipe network
beneath the pit baskets. This configuration is a typical stormwater treatment train for
a medium- to high-density residential development in southeast Queensland. The
site is also representative of typical applications for the pit basket and media filter
treatment train.

The pit baskets are designed to capture the gross pollutants and coarse sediment
leaving the pervious and impervious ground surfaces and are installed in the gully
pits (catch basins). Figure 1 shows a plan view of a typical installation. The cartridge
filters utilise a perlite, zeolite and activated alumina media to provide physical
filtration and adsorption of stormwater pollutants, including nutrients. Overflow
from the small rainwater tanks (3 kL per dwelling) enters the pipe drainage network
beneath the pit baskets, and hence will provide significant dilution to the stormwater
water quality exiting the pit baskets. Figure 2 is a photograph of the monitoring site.
Figure 3 is a schematic of the catchment, and Figure 4 is a schematic cross-section of
the filter vault and monitoring installation.
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Figure 2. Townhouse development at Ormiston, QLD, showing driveway area,
landscaping and filter cartridge for installation.

Runoff samples are collected by four ISCO GLS auto-samplers at the locations
shown in Figure 4. Runoff is sampled as it leaves the driveway surface and enters
the pit basket (1). A second sampler to determine the water quality of runoff in the
conveyance pipe is installed because the roofwater enters the pipe drainage network
beneath the pit baskets and provides dilution to the surface runoff. A third sampler
collects water from the outlet pipe of the cartridge media filters, which are located
upstream of the 850 mm baffle wall in the detention chamber (3). A fourth sampler
collects filtered water from a tray beneath the pit basket (4). A photograph of the
StormSack collection point is presented in Figure 5.
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3. Local Field Testing Methodology

Due to the lack of formalised testing protocols in Australia, the University of
the Sunshine Coast (USC), Queensland University of Technology (QUT), Griffith
University (GU) and SPEL have formulated testing protocols based on the Auckland
Council Proprietary Device Evaluation Protocol (PDEP), Washington Department of
Ecology (WDOE) and Stormwater Equipment Manufacturers Association (SWEMA)
protocols [5–7]. The protocols have been formalised to deliver a robust, scientifically
defensible outcome. Even so, the protocols developed at the initiation stage have needed
refinement once actual site data was observed, influenced by local hydrological
conditions and equipment constraints. The protocol applied at the Ormiston test
location, and monitored by QUT is detailed in Table 1.

Much of these protocol criteria appear in the Stormwater Quality Improvement
Device Evaluation Protocol (SQIDEP) released as a consultation draft by Stormwater
Australia [8].

Table 1. QUT-SPEL Field Testing Protocol Requirements for Ormiston.

Parameter Ormiston

Minimum Storm Duration 5 min

Catchment type Medium density townhouse property

Stormwater Treatment Device Type Full scale—200 micron mesh pit basket and
radially-wound media filter combination

Target Number of Storm events 15

Minimum rainfall depth per event 5 mm

Minimum inter-event period 48–72 h, depending on influent concentrations > Limit
of Detection (LOD)

Minimum hydrograph sampling First 60% of hydrograph

Flow rates tested At least 3 events >75% of the treatable flow rate
(TFR) with 1 exceeding the TFR.

Minimum number of water
sub-samples collected per event

Minimum 8 influent and 8 effluent subsamples for
each event. (Based on advice from the laboratory

regarding minimum sample amount)

Sampling method Auto-sampler, flow-weighted in 1000 L intervals
(pipe network) and 0.5 mm rainfall for pit basket samples

Data Management Campbell Scientific CR800 Data logger with Ethernet Modem

Particle Size Distribution (PSD)
analysis via Laser Diffraction

Continuously stirred, without chemical
dispersion or sonication

Total Suspended Solids (TSS) American Public Health Association (APHA) (2005) 2540 D [9]

Total Nitrogen and species
(water samples only)

APHA (2005) 4500 N, APHA (2005) 4500 NH3,
APHA (2005) 4500 NO3

Total Phosphorus and Orthophosphate
(water samples only) APHA (2005) 4500 P

pH and Electrical Conductivity (EC) Handheld probe, calibrated to manufacturer’s specifications
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The sampling program listed in Table 1 is triggered by two criteria. Firstly, >2 mm
of rainfall over a rolling 30-min window must occur, based on field experience.
This was programmed into the datalogger, to ensure sufficient water depth was
available in the pipe to collect samples. Rainfall is measured onsite by a 0.2 mm
waterlog tipping bucket rain gauge. The second criteria is flow volume, where a
sample is initiated after 1000 L of stormwater discharge past each of the two pipe
sampling points shown in Figure 4. Flow rate/volume was measured by two Starflow
ultrasonic probes installed at the inlet and outlet pipes of the concrete chamber shown
in Figure 4. For the pit basket where flow measurement was impracticable, sample
intervals were triggered at 0.5 mm rainfall intervals. As the basket effectively has
zero residence time, the inlet and outlet samples were triggered simultaneously.

Ultrasonic probes were selected for flow measurement due to a reported
accuracy of ±2% for flow and ±0.25% for depth [10]. This accuracy is comparable
to flumes and weirs but without the associated interference with water quality,
especially TSS, observed with the latter.

A 1000 L volume of water was chosen as the sampling interval as this is 50% of
the cartridge vault volume. This volume also corresponded to 0.5 mm of runoff over
the site, assuming zero losses. Analysis of a smaller flow volume trigger indicated
that it could challenge the physical limitations of the samplers’ purge/collection
cycle (about a 90 s cycle). All the subsamples collected during a runoff event were
composited within the sampler in a 9 L bottle. Each subsample was 200 mL to
ensure sufficient volume was available for the suite of subsequent chemical analyses
(listed in Table 1). This flow-weighted sampling protocol provides an Event Mean
Concentration (EMC).

As has been noted previously [11], the physical limitations of the equipment
and analysis process can subsequently affect the protocol. Therefore, any nominated
protocol needs flexibility to respond to these potential constraints. For example, to
collect eight subsamples practically restricts the minimum time for a “qualifying”
storm to greater than 12 min, even though flow may occur quicker. Hence, for this
site, a storm event less than ten minutes duration is unlikely to provide sufficient
time to collect eight aliquots even if sufficient volume were present. As the project
progressed, the laboratory advised that analyses could be performed on much smaller
volumes, thereby permitting as few as three aliquots to be sufficient from short
duration events. The intent of the monitoring program, however, is to collect a spread
of subsamples across the hydrograph of every event regardless of the duration.

On the other hand, a maximum number of subsamples can be collected before
the container is full, and therefore an analysis of the likelihood of rainfall events
exceeding the maximum capacity of the containers was undertaken to identify the
likely upper event size. As the ISCO sampler can collect a maximum of 9 L of
sample, 45 sub samples, each of 200 mL, are possible. For Ormiston, this equates
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to approximately 22.5 mm total rainfall. Statistical analysis of rainfall events for
Brisbane between July 2000 and July 2010 (assuming no runoff losses) indicates that
this 9 L capacity would allow capture of >90% of the daily runoff events.

The inter-event period (antecedent duration) was set in the protocol to 48–72 h
between rainfall events, as previous QUT research into pollutant build-up and
wash-off on urban surfaces indicated that this was the optimal point at which
pollutants reach a detectable level in runoff [12,13]. This research has shown that low
intensity, low-volume events do not produce detectable concentrations for antecedent
periods (ADP) less than 72 h. However, the Ormiston project has shown that high
intensity events with less than 72 h ADP can produce detectable concentrations.
Therefore, the protocol has been adjusted to include events where ADP might
be <72 h, if pollutant concentrations are measurable. The minimum rainfall depth for
a qualifying storm will vary between monitoring sites, depending on the catchment
characteristics. For the medium density Ormiston townhouse site with a high
fraction of impervious area, the minimum daily rainfall for monitoring has been
set to 5 mm, as this is the level at which observable runoff can be measured. Other
monitored sites with larger, more pervious catchments will require more rainfall to
produce sufficient runoff for sampling. Therefore, we caution against setting a rigid
minimum rainfall volume for qualifying storms in monitoring protocols, as this is
inherently site-specific.

The draft SQIDEP also requires a minimum of three flow events >75% of the
maximum treatable flow rate (TFR), with at least 1 event greater than the TFR [8].
It should be noted that a requirement for all events be at the TFR, or >75% of the
TFR, may be statistically rare. For example, an evaluation of the hydrology for the
Ormiston site across 10 years of historical data, indicates that this may be achieved
less than three times annually. Hence to achieve 15 qualifying events at the TFR,
would require a minimum of five years of sampling.

The monitoring equipment and sample collection were independently
undertaken by staff from QUT, and analysed in NATA registered laboratories.
Reports on the findings were prepared by QUT [14]. This maintains independence
and integrity of the sampling, collection and analysis process. As there is a range of
possible metrics used to assess performance data, this paper presents several of them.

Average Concentration Removal Efficiency (CRE) is calculated from the function:

Avg. CRE =
∑
[
{EMCin−EMCout}

EMCin

]
no. o f events

(1)

Efficiency Ratio (ER) is calculated from the function:

ER = 1− Mean EMCout
Mean EMCin

(2)
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To briefly paraphrase the above, the CRE is the average of the removal ratios
(percentages) for every event, whereas the ER is the removal ratio of the average inflow
and outflow concentrations for all events. The ER weights EMCs (flow-weighted
concentrations) from all storms equally, regardless of the pollutant concentration
or runoff volume, and minimises the potential impacts of smaller, cleaner events
on performance calculations. The ER can, however, be influenced by a small
number of high influent concentration events that skew average concentration results.
Therefore, other metrics, including Average CRE, should also be considered [15].
The Average CRE quantifies the percent removal for each event, and calculates an
average value of the percentages, allowing the smaller, cleaner events to have greater
influence on the average CRE, and hence minimise the influence of the few, large
influent concentrations.

4. Results and Discussion

A report on 18 months of monitoring has been released by QUT [14]. Of sixteen
(16) captured rainfall events > 5 mm, nine events are qualifying. Where the results
have been less than the limits of detection (LOD), they have been shown as 50% of
the LOD. All events reported in this paper had flows >75% of the TFR, with one
event exceeding the TFR.

Table 2 presents the water quality data observed at the pit basket (catch basin
insert) and shows influent concentrations for TSS similar to those reported as
typical by guidelines for urban residential catchments, whereas the TN and TP
concentrations are mostly below guideline figures. The preliminary results indicate
that the relatively simple 200 micron filter bag removes about 32% of the suspended
solids and 37% and 38% of the TP and TN concentrations respectively based on the ER
metric. The performance indicated by the CRE metric, is strongly influenced by very
low inflow concentrations and slightly higher outflow concentrations, generating a
negative ratio.

Water quality data from the media filter samples is presented in Table 3. It can
be seen that the pollutant concentrations observed in the pipe inflow (inlet to the
filters) is significantly lower than the pit basket outflow concentrations shown
in Table 2. This is a direct result of stormwater dilution by overflow from the
rainwater tanks entering the network at the base of the gully pits (catch basins).
Even so, the data indicates that the filters are removing TSS, TN and TP, at very low
concentrations. Mean ERs of 87%, 55% and 42% for TSS, TP and TN respectively are
observed. Of particular note, the outflow TSS concentrations from the media filter
are consistently below detection limits (<5 mg/L), for most events. Similarly the
outflow TP concentrations are very close to the limits of detection.
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Table 2. Pit Basket Water Quality Results.

Parameter TSS TN TP

LOD (mg/L) 1 5 0.1 0.01

Event In (mg/L) Out (mg/L) In (mg/L) Out (mg/L) In (mg/L) Out (mg/L)

23 June 2014 10 NC 2 0.60 NC 0.04 NC
16 August 2014 122 40 0.90 0.40 0.13 0.10
18 August 2014 12 2.5 0.20 0.20 0.05 0.05
23 August 2014 9 2.5 0.20 0.10 0.05 0.15

26 September 2014 346 253 2.40 1.90 0.58 0.36
9 December 2014 202 186 3.85 2.20 0.40 0.10
18 December 2014 2.5 10 0.30 0.30 0.03 0.07
20 Febuary 2015 34 6 0.70 0.30 0.09 0.02

30 April 2015 90 58 0.90 0.50 0.13 0.07
Average Conc. 102.19 69.75 1.18 0.74 0.18 0.11
Median Conc. 34.00 25.00 0.70 0.35 0.09 0.08

Efficiency Ratio (Avg) - 32% - 38% - 37%
Average CRE - 9% - 34% - −9%

Efficiency Ratio (Median) - 26% - 50% - 7%
Median CRE - 51% - 44% - 31%

Notes: 1 LOD = Limits of Detection of the analytical method; 2 As Outflow samples were
not collected (NC) from this event, it has been excluded from the calculations.

Table 3. Media filter cartridge Water Quality Results.

Parameter TSS TN TP

LOD (mg/L) 1 5 0.1 0.01

Event In (mg/L) Out (mg/L) In (mg/L) Out (mg/L) In (mg/L) Out (mg/L)

22 June 2014 2.72 2.50 0.70 0.60 0.02 0.01
16 August 2014 22.69 2.50 0.40 0.30 0.04 0.02
18 August 2014 24.95 2.50 0.39 0.20 0.06 0.04
23 August 2014 2.50 2.50 0.20 0.10 0.03 0.03

25 September 2014 74.39 2.50 0.75 0.30 0.08 0.02
8 December 2014 31.59 15 0.47 0.20 0.03 0.02
18 December 2014 2.50 2.50 0.44 0.20 0.02 0.01
20 Febuary 2015 20.65 2.50 0.41 0.40 0.01 0.01

30 April 2015 65.65 0.50 * 0.31 0.05 0.03 0.01
Average Conc. 24.7 3.67 0.45 0.26 0.04 0.02
Median Conc. 12.6 2.5 0.41 0.2 0.03 0.02

Efficiency Ratio (Avg) - 87% - 42% - 55%
Average CRE - 58% - 44% - 56%

Efficiency Ratio (Median) - 89% - 52% - 33%
Median CRE - 88% - 49% - 64%

Notes: 1 LOD = Limits of Detection of the analytical method; * LOD = 1 mg/L for
this event.
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As can be seen in Tables 2 and 3, the ER and CRE metrics vary, though both use
the same concentration data. This is the result of the two methods using different
mathematical logic. For example, the pit basket result for TP on 23 August 14
indicates a CRE of −200% that subsequently causes the average CRE to be negative,
even though all the other events show positive CRE values. Results near the limits of
detection, such as that for 23 August 14, can skew the average CRE metric. A recorded
inflow concentration of 0.01 mg/L, for example, and an outflow concentration of
0.02 mg/L will provide an individual CRE of −100% and influence the average CRE,
yet be as a result of analytical error. Results on duplicate samples from Ormiston
have been observed to differ by 0.3 mg/L for TN and 0.02 mg/L for TP, and result in a
“theoretical export” of pollutants of ~200% for these very low influent concentrations.
This large negative percent removal then has a knock-on effect on the average
CRE value, and so we suggest CRE is not an appropriate metric when influent
concentrations are close to the LOD.

We suggest that ER is the better metric for evaluation of this dataset. However,
in the instances that high concentration influent outliers are recorded (for example,
above the Water by Design MUSIC modelling guidelines [4]) as the dataset grows, we
suggest that Average CRE, Comparison of Medians, and statistical analyses should
all be used to validate performance. In the dataset observed by this research, there
are no outliers based on the Water by Design MUSIC Modelling Guidelines for
storm concentrations from an urban residential catchment [4]. In fact, the observed
concentrations at Ormiston are low in comparison with the guideline values, as
shown in Table 4. We therefore maintain that ER is the more suitable metric to be
used at this point in time, for this site.

Table 4. Comparison of Ormiston Surface Water Quality Results with Brisbane
MUSIC Guidelines for urban residential areas.

Parameter
MUSIC Guideline Values (Lumped

Urban Residential Catchment) 1
Ormiston Surface Influent

(Pit Basket Inflow)

−1SD Mean +1SD −1SD Mean +1SD

TSS (mg/L) 61.7 151 372 0 102.2 222.52
TP (mg/L) 0.162 0.339 0.708 0 0.182 0.380
TN (mg/L) 1.07 1.82 3.09 0 1.181 2.474

Note: 1 Reference: [4].
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Significant debate continues as to the “best” method to calculate device
performance. Statistical validation (Paired t-test) of the dataset is also recommended
to confirm significant differences between the influent and effluent sample sets [5].
The Auckland PDEP also indicates that where the median and the mean of the
performance metric (e.g., ER) vary by more than 10%, additional sampling events
are recommended. The median concentrations presented in Tables 2 and 3, when
used to calculate an Efficiency Ratio, result in a difference of more than 10% for TN
and TP when compared with a Mean Efficiency Ratio. In comparison, however, the
Median CRE values appear to be generally consistent with the Average ER.

5. Normality and Log-Normality Tests

Environmental monitoring data is typically log-normally distributed, therefore,
the data sets recorded for this site were evaluated against a normal distribution,
in a log-transformed basis. The Anderson-Darling Normality test identifies normal
distributions where the p-value is >0.05 (alpha). As can be seen from Table 5, all of
the datasets are log-normally-distributed, except for TSS outflow and TP outflow on
the media filters.

Table 5. Anderson-Darling Normality tests on log-transformed dataset, statistically
significant results shown in bold.

Treatment Device
p-value

TSS in TSS out TN in TN out TP in TP out

StormSack 0.748 0.497 0.506 0.328 0.518 0.615
SPELFilter 0.054 0.005 0.418 0.413 0.906 0.015

This is likely a result of the outflow concentrations converging on similar results
(i.e., Below or at Detection limits). This information is relevant for confirming that
a Student’s paired t test is a valid method to compare the influent and effluent
datasets. Figure 6 presents the Q-Q plots for the StormSack pollutant data in
log-transformed format. Figure 7 presents the Q-Q plots for the SPELFilter pollutant
data in log-transformed format.
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Figure 7. Q-Q Plots of log-normal distributions—SPELFilter Inflow and Outflow, TSS, TN 
and TP respectively. (a) TSS Inflow; (b) TSS Outflow; (c) TP Inflow; (d) TP Outflow;  
(e) TN Inflow; (f) TN Outflow. 
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6. Statistical Significance Tests

To evaluate whether the data demonstrate that the treated flow is statistically
different from the inflow, statistical tests were performed on the log-transformed
datasets. The paired Student’s t test evaluates whether the two datasets have the same
mean. Therefore, if the datasets are considered statistically to be significantly different,
they are shown in bold below. As can be seen from t tests on the log-transformed
data, all pollutants in and out of the media filter are statistically significantly different.
The pit basket concentrations data is not statistically significantly different, according
to this test. The t test results are presented in Table 6. Given the inherent variability of
environmental data, a further statistical test was performed on the raw dataset. The
Mann-Whitney (Wilcoxon) Rank-Sum test was performed on the raw datasets for
the pit basket and media filter. As can be seen in Table 7, the media filter results are
confirmed to be statistically significantly different, however, the pit basket datasets
are not.

Table 6. Student’s t tests on log-transformed dataset, statistically significant results
shown in bold.

Treatment Device
p-value (Two-Tailed)

TSS TN TP

StormSack 0.117 0.006 0.412
SPELFilter 0.015 0.005 0.002

Table 7. Wilcoxon-Mann-Whitney Rank-Sum test on raw data, statistically significant
results shown in bold.

Treatment Device
TSS TN TP

p-value Sig. p-value Sig. p-value Sig.

StormSack 0.496 no 0.429 no 0.711 no
SPELFilter 0.008 yes 0.021 yes 0.031 yes

These results confirm international observations that environmental data may
require large datasets that are economically unviable to demonstrate statistical
significance [15]. Further, the concentrations observed on the catchment are beyond
the control of the researcher. For example, an estimation of the number of samples
required for a paired comparison on the pit basket dataset, as indicated by the
equation described by Burton and Pitt [16] shown below, suggests that 160 samples
are required for TSS, 103 samples are required for TP and 220 samples are necessary
for TN.

n = 2
[

Z1−α + Z1−β
µ1 − µ2

]2
σ2 (3)
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where n = number of sample pairs needed; α = false positive rate (1−α is the degree
of confidence. A value of α of 0.05 is usually considered statistically significant,
corresponding to a 1−α degree of confidence or 95%); β = false negative rate (1−β
is the power. If used, a value of β of 0.2 is common but it is frequently ignored,
corresponding to a β of 0.5); Z1−α = Z score (associated with area under normal
curve) corresponding to 1−α; Z1−β = Z score corresponding to 1−β value; µ1 = mean
of dataset one; µ2 = mean of dataset two; σ = standard deviation (same for both
datasets, assuming normally-distributed).

SPEL and Drapper Environmental Consultants (DEC) are monitoring seven
research sites across southeast Queensland, and have observed that for each
qualifying event there are three others discarded for non-conformance with the
protocol. Continuing a monitoring program to achieve 220 qualifying events required
for statistical certainty (>600 events overall) would be financially prohibitive for any
research program and delay outcomes for many years.

7. Conclusions

Evaluation of alternate stormwater treatment devices has been under way for
decades internationally and, appears to be gaining momentum in Australia. While
a number of existing guidelines stipulate that performance of alternate stormwater
treatment devices must be demonstrated for local and regional conditions, the
guidelines generally do not define how this should be accomplished. USC, QUT, GU,
DEC and SPEL have worked together to adapt international protocols to suit local
and regional conditions on a variety of sites and treatment measures in southeast
Queensland. This paper details the protocol being implemented on one of the
monitoring sites at Ormiston, Southeast Queensland. A report published by QUT
on the nine complying events at the site indicate Efficiency Ratios of 32% TSS, 37%
TP and 38% TN for the 900 square StormSack pit basket, and 87% TSS, 55% TP
and 42% TN for the 85mm high, radially-wound, multi-media SPELFilter cartridge.
Given the dataset analyses on the field testing of this treatment train indicates that
the performance of the SPELFilter is statistically proven, and, when combined in a
treatment train, it will comply with the QLD SPP water quality objectives of 80% TSS,
60% TP and 45% TN removal.
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