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Preface to ”Biological Communities Respond to

Multiple Human-Induced Aquatic Environment

Change”

Perturbations linked to the direct and indirect impacts of human activities during the

Anthropocene affect the structure and functioning of aquatic ecosystems to varying degrees. Some

of these events stress aquatic life, including soil and water acidification, soil erosion, loss of base

cations, release of trace metals or organic compounds, and application of essential nutrients capable

of stimulating primary productivity. Superimposed on these changes, climate warming directly

affects aquatic environments via altering species’ metabolic processes, and indirectly by modifying

food web interactions. Many stressors interact in a manner that can be difficult to predict. In

part, this difficulty arises from the different possible responses by species or entire taxonomic

groups to stressors, which may interact additively, synergistically, or antagonistically. Entire food

webs may restructure if different trophic levels have consistently different responses to climate

warming. However, the consequences of warming-induced changes in the food web structure for

the long-term population dynamics of different trophic levels remain poorly understood. Such

changes may be particularly important to understand in lakes, where food web production is

socio-economically important and most organisms are ectotherms that are highly sensitive to changes

in their surrounding environment. To understand the degree and mechanisms through which

stressors affect lake biological communities and alter ecosystem functioning, long-term analyses

by means of contemporary and paleo data are essential. Due to its remarkable physical inertia,

including thermal stability, global warming is expected to also have a profound effect on groundwater

ecosystems. The degree to which alterations affect aquatic ecosystem structure and functioning also

requires addressing functional diversity at the molecular level to reconstruct the role different species

play in the transfer of material and energy through the food web. In this Special Issue, we present

examples of the impact of different stressors on aquatic ecosystems and their interactions, providing

long-term, metabolic, molecular, and paleolimnological analyses.

In the last decades, anthropogenic activity, such as intensive animal farming and the use of

fertilizers, has increased the inputs of nitrogen, affecting water quality and aquatic biodiversity,

and promoting proliferation and toxicity of Cyanobacteria, with considerable socioeconomic

consequences. In the paper by Leone et al., the efficiency and the transformation velocity

of ammonium into oxidized compounds in south alpine lakes in Northern Italy of similar

origin but differing in trophic status are compared in laboratory-scale experiments, performed in

artificial microcosms. The important roles of total phosphorus and nitrogen concentrations on the

commencement of the oxidation process is highlighted. The rate of nitrification was found to vary

with natural concentration of ammonium in the studied lakes.

Increase in global climate variability (e.g., precipitation) is expected to result in more extreme

hydrological events, such as extended droughts and flooding. Thus, studies on the ecological

consequences of excessive water level fluctuations in lakes and reservoirs are receiving increased

interest to predict the impact of climate on water ecosystem quality and health. Pan et al. assessed the

changes in phytoplankton assemblages in response to water level increase in Danjiangkou Reservoir,

one of the largest drinking water reservoirs in Asia. By applying non-metric multi-dimensional

scaling analysis, the authors found that after the water level increases, seasonal variation in

ix



phytoplankton assemblages, with diatom dominance in both early and late seasons, was less evident,

proving that water level increases alter the natural dynamics of the phytoplankton. This result

suggests a non-negligible impact on the ecosystem of Danjiangkou Reservoir.

Functional-based approaches are being increasingly used to study aquatic ecosystems as an

alternative to traditional taxonomy-based approaches. Functional diversity is a biodiversity measure

based on the ecological role of the species present in a community. Visconti et al. studied the use

of δ13C and δ15N stable isotopes as a proxy of zooplankton functional traits in Lake Maggiore,

a large, deep subalpine Italian lake. Seasonal pattern of δ13C and δ15N signatures of different

crustacean zooplankton taxa allowed the tracing of food sources, preferred habitats, and trophic

positions of crustacean zooplankton taxa throughout one year. Selective vs. non-selective food habits

as well as infra-zooplankton predator–prey interactions were clearly identified, highlighting the role

of seasonality in shaping pelagic food webs and trophic interactions.

A comparative study of carbon and nitrogen stable isotope analyses of zooplankton of five

subalpine lakes sampled in spring and summer along a trophic gradient (from oligotrophy to

hyper-eutrophy) by Piscia et al. highlights some general patterns of carbon and nitrogen stable

isotope zooplankton signatures. Taxa-specific isotopic signatures and changes with the season were

different in shallow vs. deep lakes, and nitrogen isotopic signature reflected lake trophic status.

Taxa-specific analyses within zooplankton community appear essential for understanding trophic

relationships, changes in habitat, and carbon sources fueling the pelagic food web.

In combination with intensified climate warming, nutrient enrichment of freshwaters is a

worldwide challenge, threatening aquatic biodiversity and ecosystem services. To understand

impact of these perturbations on aquatic ecosystems and their functioning, paleolimnological studies

are increasingly used for understanding relationships among functional diversity and ecosystem

productivity, climate change, and trophic dynamics. The paper by Nevalainen et al. provides

a detailed reconstruction of changes in the Cladocera community and its functional assemblages

during eutrophication and its reversal in a large, deep subalpine lake (Lake Maggiore, Italy)

using sedimentary records. By applying multivariate analysis techniques, the authors highlight

the importance of bottom-up controls (i.e., total phosphorus) for shaping functional assemblages

and top-down control by predators, particularly the predaceous cladoceran Bythotrephes longimanus

for taxonomic community changes. Cladoceran functionality therefore is proved to be related to

fundamental ecosystem functions, such as productivity, providing insights for long-term changes in

ecological resilience.

Due to climate change, economic development, and population growth, approximately four

billion people of the world’s population, with nearly half of them living in India and China, are

facing severe water scarcity, in terms of both quantity and quality. Assessing water quality and

the ecological integrity of aquatic ecosystems is essential in this respect, requiring accurate and

rapid measurements. Gao et al. compared traditional optical microscopy methods (TOM) and

DNA barcoding (the 16S and 18S rRNA high-throughput sequencing method, HTS) for water

bioassessment of the Danjiangkou Reservoir, the largest drinking water source in China, affecting

more than 53 million people in Beijing and other receiving-water regions. The study highlights

how differences between the two methods vary among stations. Overall, the study suggests a high

reproducibility and potential for standardization and parallelization, supporting DNA barcoding as

an excellent candidate for the simultaneous monitoring of plankton assemblages, including both

phytoplankton and bacterioplankton for accurate and rapid monitoring of drinking water quality.
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Climate change and enhanced nutrient loading are likely to stimulate the development of

harmful Cyanobacteria blooms (cyanoHABs) affecting use, safety, and sustainability of water

resources, resulting in considerable ecological and socioeconomic costs. Nava et al. report a study

on Planktothrix rubescens and Tychonema bourrellyi, two potentially harmful Cyanobacteria in the deep

South-Alpine Lake Iseo. A temporal shift in their development of the two species, linked to different

capacities for overcoming winter and mixing periods, highlights the important role of the stability of

the water column in determining T. bourrellyi settlement in Lake Iseo and the role of solar radiation

in spring population development. The study confirms modified lake hydrodynamics due to climate

change as the key factor for understanding occurrence of cyanoHABs and the increasing success of

allochthonous Cyanobacteria in lakes all over the world.

Groundwater will play a fundamental role in sustaining ecosystems and enabling human

adaptation to climate change. The strategic importance of groundwater will intensify as climate

extremes become more frequent and intense. The effects of global warming on groundwater

chemistry, hydro-geophysical properties and resources are relatively well known; studies of the

biological responses to groundwater temperature increase are lacking. Di Lorenzo and Galassi

provide an example of how temperature increase consistent with the foreseen increase in the next

30 years due to global warming will impact the physiology of Diacyclops belgicus (Kiefer, 1936),

an obligate groundwater species with a wide geographic distribution. Controversial results of the

experimental study do not provide full certainty about the response to global warming. However,

the probable beginning of an irreversible denaturation of enzymes/proteins at a temperature increase

of 10 ◦C from the thermal optimum poses serious warning for the fate of this species under global

warming scenario.

Largely distributed in various freshwater habitats, freshwater oligochaetes are widely applied

as indicator species in environmental assessment. Most studies, however, focus on their taxonomy,

whereas relationships between the distribution of oligochaetes and their habitats are still poorly

understood. A study on the effects of environmental factors of the freshwater oligochaete Limnodrilus

hoffmeisteri in a South Korean stream is presented by Kong et al. Using multivariate analyses and

a machine learning algorithm based on a nationwide scale database, the authors prove that water

depth, velocity, and altitude are highly important environmental factors influencing the distribution

of Limnodrilus hoffmeisteri, a species that is a recommended candidate to mitigate organic-enriched

freshwater ecosystem.

Despite the awareness of the impact of climate change on rare endemic species, research

on diversity, distribution, and conservation of endemic species remains limited, especially with

respect to endemic macroinvertebrates on nationwide scales. Among aquatic insects, in particular,

species in Ephemeroptera, Plecoptera, and Trichoptera (EPT) exhibit sensitive responses to physical

environmental factors at broad scales, in addition to water quality factors at small scales. The

diversity of EPT represents one of the most important biological indices for evaluating the status of

freshwater habitats. Bae and Park identified the biogeographical and environmental factors affecting

the biodiversity of endemic EPT in South Korea. They investigated the distribution pattern of

endemic EPT species by applying non-metric multidimensional scaling (NMS) using the Bray–Curtis

distance as the dissimilarity measure, predicting occurrence probability of endemic species using a

random forest (RF) model with 39 environmental factors as independent variables. Geological and

meteorological factors are identified as the main factors influencing species distribution. The results

of this study support the need for an environmental management policy to regulate deforestation and
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conserve biodiversity, including endemic species.

Despite being described more than 20 years ago, evolutionary toxicology has only recently been

proposed for ecotoxicological assessment to estimate long-term extinction risk, multigenerational

effects, and effects of substances (or mixtures of substances) at sub-lethal environmental

concentrations. The integration of next-generation sequencing (NGS) approaches has allowed for

the identification of mechanisms and processes of adaptation to toxic substances. In the last

paper in this volume, Rusconi et al. provide a review of current trends in this specific discipline,

with a focus on population genetics and genomics approaches. They provide several examples

indicating that evolutionary change may occur more rapidly in our lifetime. They also evidence

that human activities are not only affecting the demography and the ecology of wild species, but

also their evolutionary trajectory. They demonstrate the potential usefulness of predictive simulation

and Bayesian techniques, also providing guidelines for a future implementation of evolutionary

perspective into ecological risk assessment.

Marina Manca, Roberta Piscia and Piero Guilizzoni
Special Issue Editors
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Abstract: Ammonia is a widespread pollutant in aquatic ecosystems originating directly and
indirectly from human activities, which can strongly affect the structure and functioning of the
aquatic foodweb. The biological oxidation of NH4

+ to nitrite, and then nitrate is a key part of the
complex nitrogen cycle and a fundamental process in aquatic environments, having a profound
influence on ecosystem stability and functionality. Environmental studies have shown that our
current knowledge of physical and chemical factors that control this process and the abundance and
function of involved microorganisms are not entirely understood. In this paper, the efficiency and the
transformation velocity of ammonium into oxidised compounds in 14 south-alpine lakes in northern
Italy, with a similar origin, but different trophic levels, are compared with lab-scale experimentations
(20 ◦C, dark, oxygen saturation) that are performed in artificial microcosms (4 L). The water samples
were collected in different months to highlight the possible effect of seasonality on the development of
the ammonium oxidation process. In four-liter microcosms, concentrations were increased by 1 mg/L
NH4

+ and the process of ammonium oxidation was constantly monitored. The time elapsed for the
decrease of 25% and 95% of the initial ion ammonium concentration and the rate for that ammonium
oxidation were evaluated. Principal Component Analysis and General Linear Model, performed
on 56 observations and several chemical and physical parameters, highlighted the important roles
of total phosphorus and nitrogen concentrations on the commencement of the oxidation process.
Meanwhile, the natural concentration of ammonium influenced the rate of nitrification (μg NH4

+/L
day). Seasonality did not seem to significantly affect the ammonium transformation. The results
highlight the different vulnerabilities of lakes with different trophic statuses.

Keywords: lab-microcosms; ammonium impact; nitrification; trophic degree; lake vulnerability

1. Introduction

Total ammonia (TAN), in particular the unionized compound, is one of the major environmental
pollutants in freshwater aquatic systems that is physiologically harmful to aquatic organisms and
affects ecosystem functionality [1,2]. However, the threshold of ammonia toxicity varies widely, as
there are sensitive and insensitive species. Nitrogen pollution in water has become a serious global
environmental problem. It causes water eutrophication, stimulating the growth of dinoflagellates and
Cyanobacteria and influencing phytoplankton blooms, and represents a potential hazard to human
health [3–6].

In aquatic environments, total ammonia exists in two chemical forms, unionized ammonia (NH3)
and ionized ammonium (NH4

+) [7], with different percentage depending on pH. In general, in water
at 8.0 pH and 20 ◦C, only about 10% of the total ammonia is present as the more toxic form, ammonia
(NH3). Since 90% is present as ammonium (NH4

+), it is preferable to use the term ammonium to refer
to this type of pollution in natural water ([3,8] and the references therein).

Water 2018, 10, 265; doi:10.3390/w10030265 www.mdpi.com/journal/water1
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Nowadays, there is increasing attention and a significant number of studies that are focusing on
nitrogen to gain more knowledge about the factors that are influencing its different transformation
pathways. In freshwater ecosystems, under anoxic conditions, the anaerobic oxidation of ammonium
can occur, which is called anammox reaction: NH4

+ + NO2
− → N2 [9,10]. On the other hand, in aerobic

conditions, the biological oxidation of ammonium to nitrite and then nitrate (nitrification) is a two-step
process involving different taxa of chemolithotrophic organisms: archaeal and bacterial ammonia
oxidizers (AOA, AOB), which obtain their energy from the oxidation of ammonia to nitrite, and nitrite
oxidizing bacteria (NOB), which strictly depend on ammonia oxidizers and complete the oxidation to
nitrate [11,12]. This process is a key part of the complex nitrogen cycle and a fundamental process in
aquatic environments, having a profound influence on ecosystem stability [13,14].

Total ammonia can enter water bodies from natural sources, such as the end product of
animal protein catabolism, and/or anthropogenic sources, such as atmospheric deposition, sewage
effluents, industrial wastes, agricultural run-off, and the decomposition of biological wastes ([15–18]
and references therein). In the last decades, anthropogenic activity has increased the inputs of
nitrogen affecting water quality and aquatic biodiversity, with also considerable socioeconomic
consequences [19–22]. Thus, environmental factors influencing ammonium oxidation in freshwater
systems have received considerable attention. Previous studies have highlighted that the nitrification
rate in estuaries and in rivers depends on the activities of nitrifying bacteria and is affected by
environmental parameters such as temperature, light, and pH values, as well as oxygen, nitrogen,
organic carbon, and sulphide concentrations [13,23–25]. Despite recent advances, measurements of
rates and controls of nitrification are relatively rare in lake ecosystems [26]. There is limited knowledge
of the relationships among ammonium nitrification rate, lake trophic degree, and the associated
microorganisms, which are closely related with the NH4

+ removal efficiency and the self-purification
capacity of lake ecosystems [27–29].

The transformation efficiency and velocity of ammonium into oxidized compounds in 14 lakes,
located in the same geographic region, were compared with lab-scale experimentations performed
in artificial aerobic microcosms. Our major goals were to determine nitrification rates in several
lentic environments, which are characterized by different trophic levels (e.g., Total Phosphorus, Total
Nitrogen) and natural content levels of ammonium in different seasons.

We conducted experiments to address the following questions that arose from previous studies:
Are nitrification rates related to the lake trophic degree? How do lakes with different trophic degree
react to an increased load of ammonium? Is the nitrification process influenced by seasonality?
We hypothesized that the nitrification rate increased in productive lakes and in some seasons.
A possible relationship between there parameters could lead to further questions regarding the
different vulnerabilities in lakes of different trophic statuses.

2. Materials and Methods

2.1. Study Sites

Water samples were collected from fourteen Italian lakes: L. Candia, L. Orta, L. Mergozzo, L.
Maggiore, L. Monate, L. Comabbio, L. Varese, L. Piano, L. Montorfano, L. Alserio, L. Segrino, L.
Pusiano, L. Annone (W), and L. Olginate. These lakes are located in Northern Italy, included from
Piemonte region (45◦49′ N, 8◦24′ E) and the western part of Lombardia region (45◦47′ N, 9◦25′ E)
(Figure 1).

The lakes have different morphometric and chemical characteristics. The lakes were classified
in relation to their different trophic status, following Organisation for Economic Co-operation and
Development recommendations [30], which span from oligotrophic to highly eutrophic. For more
information about the 14 studied lakes, see Table 1.
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Figure 1. Locations of the 14 sampling south-alpine lakes in Northern Italy. The numbers in the map
are referred to lakes list in Table 1 (from d-maps.com modified).

Table 1. Main morphometric and chemico-physical characteristics of 14 south-alpine lakes [31–35].

Lake Area (km2) Volume (m3 × 106) Depthmax (m) Depthmean (m) Trophic Status

1-Alserio 1.23 6.55 8.1 5.3 Hypereutrophic
2-Annone (W) 1.75 7.60 10.0 4.5 Eutrophic
3-Candia 1.49 8.10 7.7 3.8 Meso-eutrophic
4-Comabbio 3.58 16.40 7.7 4.6 Hypereutrophic
5-Maggiore 213 37500 370 176 Oligotrophic
6-Mergozzo 1.83 83.00 73.0 45.4 Oligotrophic
7-Monate 2.51 45.00 34.0 14.4 Oligotrophic
8-Montorfano 1.90 1.90 6.8 4.0 Meso-eutrophic
9-Olginate 0.58 7.00 17.0 8.0 Meso-eutrophic
10-Orta 18.10 1286 143 70.9 Oligotrophic
11-Piano 0.63 4.03 12.5 5.1 Eutrophic
12-Pusiano 4.93 69.00 24.3 14.0 Eutrophic
13-Segrino 0.38 1.20 9.0 4.6 Oligotrophic
14-Varese 14.90 162 26.0 9.9 Hypereutrophic

2.2. Sampling Method and Experimental Procedure

For each lake, the water samples were collected in different months to highlight the possible
variations in the ammonium transformation in relation to seasonality, totaling 74 samples. On water
samples of Lakes Candia and Piano, the experiment was performed only once during the study,
because, for logistic problems, we could not collect their water in different months. Each lake sample
was collected by Niskin’s bottle near the littoral zone (3 m depth), in open water without vegetation,
and quickly transferred to the laboratory. Before the experimental procedure, we measured the main
chemical and physical parameters, characterizing lacustrine water quality. Temperature and pH were
detected in situ with a portable underwater multiparameter probe (WTW multi3432). Total phosphorus,
soluble reactive phosphorus, total nitrogen, ammonium nitrogen, and alkalinity were analyzed using
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standard methods [36,37]. Nitrate nitrogen anions were measured using the Ion Chromatography
(Thermo Scientific™ Dionex™, Waltham, MA, USA).

For each lake, the water samples were placed into clean 4 L polycarbonate microcosms (tanks) and
amended with one mg/L of ammonium, as NH4Cl (10 μM). The microcosms were kept in the dark at
20 ◦C and continually shaken. The oxygen saturation was maintained between 80% and 100%. For all
the sampled lakes, excluding L. Candia and L. Piano (not watertight seal of microcosms), experiment
replicates have been performed in order to verify the text repeatability.

The ammonium consumption was monitored at high frequency, by colorimetric spectrophotometry,
until its complete depletion.

2.3. Data Analyses

To analyze and discuss the experimental results, three parameters have been evaluated: (a) D25
and (b) D95, as time elapsed to observe an ammonium decrease of 25% and 95% of the initial
concentration in amended microcosm; (c) OxRate, amount of ammonium oxidised in each day (μg
NH4

+/L day) to reduce the ammonium concentration from 25% to 95% of initial concentration in
amended microcosms. To avoid redundancy among dependent variables, the relations between these
parameters have been tested by Spearman’s rank correlation coefficient.

For statistical analyses, two parameters were selected as response variables, D25 and OxRate, and
to avoid collinearity among predictor, two principal component analyses (PCA) were performed in
order to reduce dimensions and select a smaller set of variables [38]. The chemico-physical included
parameters, measured before the experiment on lake water samples, were: total phosphorus (TP),
soluble reactive phosphorus (SRP), total nitrogen (TP), nitrate nitrogen (NO3

−), ammonium nitrogen
(NH4

+), temperature (TEMP), alkalinity (ALK), and pH. All data were centered (mean value = 0)
and scaled (variance = 1) to allow comparison among parameters [39]. Only six predictors were
selected from the initial set of 8 to perform the following analyses. We used general linear models
(GLMs), a statistical procedure similar to an analysis of variance used to estimate effect size of different
factors on a variable of interest [40,41], to analyze the effect of trophic degrees and seasonality on the
transformation velocity of ammonia into oxidised compounds. One model had as response variable
D25 and the other one had OxRate. We first built a full model including all independent variables that
may affect the dependent variable under scrutiny: TP, TN, ALK, TEMP, pH, NH4

+, and the possible
interactions. Finally, we removed all of the non-significant predictors in two-steps to obtain a final
model [42]. The assumptions for general linear models were checked by inspection of diagnostic plots
and applying Shapiro–Wilks tests [43]. Interactions were excluded before the relevant main effects.
Statistical analyses and figures were produced using different packages (base packages and “ggplot2”,
“corrplot”, “factoextra”) in R 3.4.1. [44–47].

3. Results

3.1. Lakes Characteristics

The mean values (±Standard Error of the Mean) of chemico-physical parameters measured for
each lake during every sampling activity are reported in Table 2. Among the 14 lakes that were
analyzed, total phosphorus (TP) ranged from 3.0 to 144.0 μg/L, with a mean value of 21.7 ± 2.3 μg/L
(±SEM) and soluble reactive phosphorus (SRP) ranged from 1.0 to 99.0 μg/L, with a mean value of
9.8 ± 1.9 μg/L. Total nitrogen (TN) concentrations were between 90.0 and 4218.5 μg/L, with a mean
value of 1173.1 ± 93.1 μg/L. Nitrate nitrogen (NO3

−) and ammonium nitrogen (NH4
+) were in the

range of 0–3770 μg/L—with a mean of 593.0 ± 83.2 μg/L, and 0–775 μg/L—with a mean value of
125.9 ± 24.0 μg/L, respectively. Temperature showed a mean value of 14.3 ± 0.9 ◦C, ranging between
5.6 ◦C and 27.3 ◦C. Alkalinity ranged from 0.3 to 4.3, with a mean value of 2.0 ± 0.1 meq/L. Finally,
pH had a mean value of 7.9 ± 0.06 and ranged from 6.5 to 8.9.
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Table 2. Mean value ±SEM of the chemico-physical parameters of the 14 lakes, calculated on
measurements performed in different months. Note that for Lake Candia and Piano the values
refer to a single month. n: number of experiments performed for each lake.

Lake n TP (μg/L)
SRP

(μg/L)
TN (μg/L)

NO3
−

(μg/L)
NH4

+

(μg/L)
Temperature

(◦C)
Alkalinity

(meq/L)
pH

(Units)

1-Alserio 5 31.9 ± 2.4 17.5 ± 3.4 2930 ± 333 1680 ± 543 320 ± 137 13.7 ± 2.8 3.8 ± 0.2 8.0 ± 0.1
2-Annone (W) 4 27.1 ± 2.2 8.7 ± 0.5 870 ± 79 171 ± 82 87 ± 43 15.1 ± 4.0 2.9 ± 0.1 8.3 ± 0.1
3-Candia 1 18.0 2.0 1060 170 17 27 1.18 7.5
4-Comabbio 4 30.5 ± 5.5 16.2 ± 3.6 860 ± 105 158 ± 88 89 ± 75 15.2 ± 4.0 2.0 ± 0.1 8.4 ± 0.1
5-Maggiore 4 7.6 ± 0.7 3.5 ± 0.6 885 ± 53 648 ± 61 10 ± 5 14.4 ± 3.5 0.9 ± 0.2 7.9 ± 0.2
6-Mergozzo 4 5.0 ± 0.7 2.5 ± 0.3 851 ± 64 595 ± 36 15 ± 10 14.8 ± 3.8 0.3 ± 0.1 7.3 ± 0.3
7-Monate 3 8.0 ± 1.3 2.0 ± 0.6 459 ± 13 158 ± 27 16 ± 6 13.6 ± 4.0 1.1 ± 0.2 7.9 ± 0.5
8-Montorfano 7 18.3 ± 2.5 6.8 ± 0.6 936 ± 84 129 ± 50 245 ± 94 16.3 ± 2.9 1.9 ± 0.1 8.3 ± 0.1
9-Olginate 4 18.0 ± 1.9 5.7 ± 1.8 942 ± 60 648 ± 79 39 ± 7 13.5 ± 3.5 1.4 ± 0.3 8.2 ± 0.3
10-Orta 4 7.2 ± 1.4 3.2 ± 0.5 1537 ± 19 1313 ± 24 16 ± 7 14.7 ± 3.7 0.3 ± 0.1 7.2 ± 0.3
11-Piano 1 63.0 8.0 2069 1424 677 11 3.8 8.4
12-Pusiano 4 26.0 ± 4.6 3.6 ± 0.5 1313 ± 256 667 ± 189 133 ± 89 14.8 ± 4.4 2.6 ± 0.2 8.1 ± 0.2
13-Segrino 7 10.7 ± 0.7 4.0 ± 0.5 1311 ± 195 751 ± 198 85 ± 16 11.4 ± 2.5 2.4 ± 0.1 7.9 ± 0.1

14-Varese 5 50.4 ±
19.1

38.2 ±
18.3 901 ± 104 220 ± 71 117 ± 88 12.7 ± 3.1 2.5 ± 0.1 7.9 ± 0.1

3.2. Ammonium Oxidation

The trend of ammonium oxidation in the various lakes and in water samples collected in different
months are shown in Figure 2. The oxidation process, after the addition of 1 mg/L of NH4

+, started
after several days in all microcosms with different timing depending on the lake. The minimum was
observed in microcosm of L. Annone sampled in June (Figure 2 (2-Annone)) while the maximum
in L. Mergozzo sampled in October (Figure 2 (6-Mergozzo)). It was not possible to observe a clear
relationship between sampling month and the time elapsed for the ammonium oxidation.

For all of the 74 water samples examined, D25 ranged from 6.5 to 34.8 days, with a mean value of
15.1 ± 0.7 days (±SEM). The various lakes showed a difference in this parameter, with a mean value
of 8.9 ± 0.5 days for L. Alserio, 12.2 ± 2.1 days for L. Annone, 7.5 days for L. Candia, 15.5 ± 2.2 days
for L. Comabbio, 14.5 ± 1.9 days for L. Maggiore, 24.8 ± 3.9 days for L. Mergozzo, 19.7 ± 2.5 days
for L. Monate, 16.7 ± 2.3 days for L. Montorfano, 10.6 ± 0.7 days for L. Olginate, 18.0 ± 2.2 days
for L. Orta, 16.5 days for L. Piano, 11.9 ± 1.7 days for L. Pusiano, 17.7 ± 4.3 days for L. Segrino,
13.2 ± 2.1 days for L. Varese (Figure 3). The lakes that showed the lower velocity of ammonium
oxidation were L. Mergozzo, L. Monate, L. Orta, L. Segrino; meanwhile, L. Candia, L. Alserio, and
L. Olginate displayed the higher velocity of ammonium oxidation. A huge variation in D25 value was
highlighted in the various months for L. Mergozzo, for which we detected a difference between the
maximum and the minimum value of 19.3 days. However, the overall D25 mean value of the fourteen
lakes did not display a large variation among the different seasons. This parameter had a mean value
of 15.2 ± 1.4 days in spring, 15.2 ± 1.6 days in summer, 16.7 ± 1.9 days in autumn, and 13.2 ± 1.0 days
in winter.

D95 showed a mean value among the lakes of 17.9 ± 0.8 days. The various lakes showed a
difference in this parameter, with a mean value of 12.8 ± 1.3 days for L. Alserio, 14.6 ± 2.2 days for
L. Annone, 13.8 days for L. Candia, 17.7 ± 2.2 days for L. Comabbio, 16.8 ± 2.2 days for L. Maggiore,
27.8 ± 4.1 days for L. Mergozzo, 21.7 ± 2.2 days for L. Monate, 19.7 ± 2.4 days for L. Montorfano,
13.7 ± 0.5 days for L. Olginate, 20.6 ± 2.8 days for L. Orta, 20.5 days for L. Piano, 14.3 ± 1.7 days for
L. Pusiano, 20.4 ± 2.2 days for L. Segrino, 16.5 ± 1.7 days for L. Varese (Figure 3). The lakes that
showed the higher value of D95 were L. Mergozzo, L. Monate; instead L. Alserio, and L. Olginate
displayed the lower values, similar to that detected for D25. The results were similar to that detected
for D25 and a Spearman’s correlation analysis highlighted a strong relationship (ρ = 0.98, p < 0.001)
between D25 and D95.

The difference in days elapsed from the D95 to D25 ranged from 1.3 (L. Orta in February) to 5.0
days (L. Segrino in December) with a mean value of 3.9 ± 0.2 days.
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Figure 2. Ammonium oxidation trends in lab-microcosms filled with water of 14 south-alpine lakes
sampled in different months and amended with 1 mg /L of NH4

+. Results are expressed as mean
±SEM for duplicate tests. Note that the SEM bars in most of cases showed low values.

Figure 3. Box plot of the number of days elapsed from the experiment start until an ammonia
concentration decrease of 25% (D25) and 95% (D95) of the initial concentration in the 14 studied
lakes. Note that for samples of Lakes Candia and Piano the experiment was performed only once
during the study. Box plot statistics: the lower and upper hinges correspond to the first and third
quartiles. The upper (lower) whisker extends from the hinge to the largest (smallest) value no further
than 1.5 × InterQuartileRange from the hinge. Data beyond the end of the whiskers are outlying points
and are plotted individually.
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The rate of oxidation (OxRate), referred to the time elapsed to measure an ammonium decrease
from 25% to 95%, showed different values from 90 to 400 μg NH4

+/L day, respectively, in L. Mergozzo,
in October, and L. Varese, in June. The mean value of the 14 lakes was equal to 210 ± 9.7 μg NH4

+/L
day (Figure 4).

Figure 4. Box plot of the OxRate, amount of ammonium oxidised in each day (μg NH4
+/L day)

to reduce the ammonium concentration from 25% to 95% of the initial concentration in amended
microcosms. Note that for samples of Lakes Candia and Piano the experiment was performed only
once during the study. See Figure 3 for box plot statistics.

3.3. Relationship between Ammonium Oxidation and Chemico-Physical Parameters

The loadings plots of the Principal Component Analyses performed on the eight chemico-physical
parameters and D25 and OxRate are presented in Figure 5.

Figure 5. Loadings plots of the first two components of the principal component analysis (PCA)
with different colors according to the parameters contributions (“contrib %”) performed on 8
chemico-physical parameters and (a) number of days elapsed from the beginning of the experimental
procedure until an ammonium concentration decrease equal to the 25% (D25); and, (b) oxidation rate
of ammonium (OxRate). See “Materials and Methods” for abbreviations.
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The first two components of the PCA with the D25 values explained 57.8% of the total variance
(PC1 36.8%; PC2 21%—Figure 5a); while, the first two components of the PCA with the OxRate values
explained 56.4% of the total variance (PC1 35.5%; PC2 20.9%—Figure 5b). Total phosphorus and
soluble reactive phosphorus were highly correlated. There was also a strong correlation between total
nitrogen and nitrate nitrogen. Consequently, soluble reactive phosphorus and nitrate nitrogen were
removed from the following analyses to avoid collinearity.

We used general linear models (GLM) in order to analyze the effect of chemical and physical
parameters, trophic condition (as indicated by TP and TN), and seasonality on the oxidation velocity
of ammonium. General Linear Models (GLMs) were performed with D25 and OxRate as response
variables. The full models were built using six parameters that included non-significant terms which,
following a two-step process, were excluded from the models (see “Materials and Methods” section).
The original in-lake values for temperature, alkalinity, ammonium nitrogen, pH and sampling months
seemed not to be a significant predictor for D25. The final GLM highlighted total phosphorus and total
nitrogen as significant predictors of time elapsed to oxidase the 25% of initial ammonium (Table 3a).
The D25 model was significant (F(54) = 11.36, p < 0.001).

Only ion ammonium initial concentration (NH4
+) seemed to be a significant predictor for OxRate

(Table 3b). The overall OxRate model was significant (F(54) = 11.71, p < 0.01).

Table 3. Final General Linear Model and parameter estimates of (a) the response variable D25 and
(b) the response variable OxRate. Number of tested data was 56 in each model and the months included
ranged from February to December.

Model Response Variable Predictor t p

(a) D25
TP −3.133 0.003 **
TN −2.974 0.004 **

(b) OxRate NH4
+ 3.422 0.002 **

Note: ** p < 0.01.

4. Discussion

During the last decades, human population growth and anthropic activities have substantially
altered the nitrogen cycle, increasing the availability and the mobility of this element. The enhanced
concentrations of inorganic nitrogenous compounds (NH4

+, NO2
−, NO3

−) in ground and surface
waters affect many aquatic organisms and contribute to the degradation of freshwater, estuarine, and
coastal marine ecosystems [48,49]. In particular, intensive animal farming and the use of fertilizer have
significantly increased ammonium loading. Unionized ammonia is very toxic to aquatic communities,
in particular fish, causing, for example, damage to the gill epithelium, acidosis, ATP depletion in
the basilar region of the brain, disruption of osmoregulatory activity, etc. [48]. The ionized form
of ammonia, ammonium (NH4

+), has minor toxicity compared to NH3 [48]. On the basis of acute
and chronic toxicity data, water quality criteria were proposed to protect sensitive aquatic animals,
which was equal to 17 mg TAN/L for short-term exposure and 1.9 mg TAN/L for long-term exposure
(pH = 7; T = 20 ◦C) [48,50]. In the present study, the natural concentrations of total ammonia in the
14 studied lakes varied widely, with values up to 0.77 mg/L (43 μM). This value is below the toxicity
threshold but could represent a problem of concern in the future, given the reported increase of these
compounds in aquatic systems [51,52]. High ammonium loads can also enhance the development
of primary producers. Historically, phosphorus has been considered the primary limiting nutrient
for phytoplanktonic organisms; however, recent studies have highlighted the importance of nitrogen
in determining both the proliferation and the toxicity of non-diazotrophic Cyanobacteria [48,53,54].
Indeed, ammonium appears to favor cyanobacterial dominance in lakes, most likely because of their
superior uptake kinetics [3]. At the same time, when NH4

+ concentrations are sufficiently high,
ammonium may suppress the overall growth of phytoplanktonic organisms [3,55]. Significant inputs
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of NH4
+ can also contribute to the acidification process since nitrification produces hydrogen ions [48],

and consequently contributing to the loss of aquatic plants [56,57].
In this context, more knowledge about the transformation process of ammonium is needed,

particularly concerning the vulnerability of different lakes to ammonium changes. The goal of the
study was to determine the ‘ability’ of lakes with different trophic levels and natural content levels of
TAN to overcome high concentrations of ammonium. Our study highlighted a significant difference
in the ammonium oxidation rate in water of 14 lakes amended with 1 mg NH4

+/L. Previous studies
have highlighted that a high ammonia concentration may result in ammonia oxidation inhibition;
however, to observe this effect there must be a recorded ammonia concentration in the range of
10–150 mg/L [58–60]. We are confident that an ammonium decrease in the microcosms was linked to
nitrification processes, as the experiments were conducted in aerobic conditions and the anammox
process could not occur.

Using a lab-scale approach, we found that the start of the nitrification process varied as a function
of the lake’s trophic status. Indeed, lakes that are characterized by a higher trophic degree seemed to
present a faster ammonium transformation, as the nitrification process started earlier when compared
to the samples from the oligotrophic lakes. The multivariate regression supported this statement, as the
number of days elapsed from the experiment start until a decrease of ammonium concentration equal
to 25% was inversely related to total phosphorus and total nitrogen contents. Total phosphorus and
nitrogen represent the limiting nutrients in freshwater ecosystems; thus, their concentrations can be
considered representative of the lake trophic status [61]. Previous studies have reported the importance
of these two nutrients in determining the abundance of archaea and bacteria that are responsible for
the ammonium nitrification process [62]. The pH did not seem to affect the D25 parameter, as no
relationship was highlighted both in PCA and in GLM. This result appeared inconsistent with those
found by different studies, since the effect of pH on nitrification has been widely shown. The literature
reported that complete inhibition of nitrification could occur at a pH lower than 6.35 and higher than
8.95; meanwhile, from 6.45 to 8.95, there was no effect and complete nitrification occurred [63]. In the
present work, the initial pH values were included in this range, which were always more than 6.5 and
less than 8.9, and no nitrification inhibition could be highlighted, as we did not observe a postponed
nitrification start in relation to the lower values of pH. Similar observations could be reported for
alkalinity, which has been widely reported to affect the nitrification process [64,65]. Alkalinity is
an important parameter, as it influences pH and is a measure of the inorganic carbon available for
nitrifiers; a lack of alkalinity will stop nitrification. Alkalinity is consumed at 7.14 g as CaCO3 per gram
of NH4

+ oxidized to NO2
− and, consequently, it decreases during the nitrification process. Optimal

values for nitrification range from 75 to 150 mg CaCO3/L [66,67]. Our statistical analyses did not show
a significant influence of the initial alkalinity (ranging from 13 to 216 mg CaCO3/L) on the number
of days elapsed from the experiment start until a decrease of ammonium concentration equal to 25%
was achieved.

We also evaluated the effect of seasonality on the nitrification process, based on the lake
temperature detected when the water samples were collected. Our results did not show any effects of
the lake in-situ temperature on the commencement of oxidation in the lab-microcosms, even though
the samples collected in different months provided lake water temperatures ranging from 5.6 to 27.3 ◦C.
Indeed, the temperature affects the growth rate of both types of bacteria involved in the nitrification
process, with ammonia oxidizers having superior growth rates at high temperatures when compared
to nitrite oxidizers [63]. We hypothesized that in lab-microcosms, which were constantly maintained
at 20 ◦C, the commencement of oxidation was affected by the bacteria acclimation lag time, as Zhu and
Chen [54] reported that nitrifying bacteria can adapt to a wide range of temperatures if acclimated
slowly. However, it has to be highlighted that using temperature as an indicator of seasonality could
restrict the analysis of this predictor factor. In effect, several lakes showed a higher rate of oxidation at
the start (February–March) compared to the end (October–November) of the growing season.

9



Water 2018, 10, 265

Although a clear seasonal pattern could not be highlighted overall, some lakes showed a difference
in the D25 value among the experiments. However, these differences did not appear to be related
to the month, since for some lakes (e.g., L. Maggiore, L. Mergozzo, L. Pusiano, L. Segrino, L. Varese)
the higher value of D25 was recorded in autumn, while for others (e.g., L. Monate, L. Montorfano,
L. Orta), the higher value was recorded in summer. Furthermore, the interaction between seasonality
and nutrient contents (in GLM) was not selected among the predictive parameters of the decrease in
ammonium concentrations and of the oxidation rate in microcosms. Future research with a field-scale
approach should help to clarify the role of seasonality in the nitrification process.

Our research highlighted an important role of the initial acclimation in the determination of the
time needed to oxidize all ammonium, as the range of the D25 parameter was quite large compared
to the range of days elapsed from D25 to D95. Once it began, the ammonium oxidation rate was
significantly and positively affected by the natural content of ammonium in the lakes, as highlighted
by the second GLM model [12,62,68].

In conclusion, the time required to oxidize a 1 mg/L ammonium addition in microcosms filled
with water of 14 south-alpine lakes showed a remarkable range. Lake trophic status and nutrient
concentrations have been shown to play important roles in determining the time elapsed before the
beginning of nitrification processes, while the natural ammonium concentration in lakes significantly
influences the nitrification rate of additional ammonium inputs.
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Abstract: Excessive water level fluctuation may affect physico-chemical characteristics, and
consequently ecosystem function, in lakes and reservoirs. In this study, we assessed the changes of
phytoplankton assemblages in response to water level increase in the Danjiangkou Reservoir, one of
the largest drinking water reservoirs in Asia. The water level increased from a low of 137 m to 161 m in
2014 as a part of the South–North Water Diversion Project. Phytoplankton assemblages were sampled
four times per year before, during and after the water level increase, at 10 sites. Environmental
variables such as total nitrogen as well as phytoplankton biomass decreased after the water level
increase. Non-metric multi-dimensional scaling analysis indicated that before the water level increase,
phytoplankton assemblages showed distinct seasonal variation with diatom dominance in both early
and late seasons while such seasonal variation was much less evident after the water level increase.
Month and year (before and after) explained 13% and 6% of variance in phytoplankton assemblages
(PERMANOVA, p < 0.001) respectively, and phytoplankton assemblages were significantly different
before and after the water level increase. Both chlorophytes and cyanobacteria became more abundant
in 2015. Phytoplankton compositional change may largely reflect the environmental changes, such as
hydrodynamics mediated by the water level increase.

Keywords: Danjiangkou Reservoir; South–North Water Diversion Project; non-metric
multi-dimensional scaling (NMDS); PERMANOVA

1. Introduction

Ecological impacts of excessive water level fluctuation (WLF) in both lakes and reservoirs have
received increasing attention from both ecologists and water resource managers [1–5]. The water level
does fluctuate naturally, but an increase in global climate variability (e.g., precipitation) is expected to
result in more extreme hydrological events, such as extended droughts and flooding. Consequently,
both intensity and frequency of excessive WLF in lakes and reservoirs will increase, which will
adversely affect water supply, food security, and aquatic ecosystems [6–8]. Excessive WLF may affect
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both physical and chemical characteristics of lakes and reservoirs including quantity and quality of
littoral zone habitat, light, thermal stratification/mixing, and internal nutrients and consequently
affect freshwater ecosystem structure and function [8–11]. For instance, water level fluctuation caused
significant reduction of benthic algal productivity and macroinvertebrate diversity in littoral zones [8].
The littoral zones, a critical ecotone for biodiversity, habitats, primary productivity, and material
exchanges between aquatic and terrestrial ecosystems [10], have been the focus of many ecological
studies on the impacts of WLF, particularly in shallow lakes and wetlands, two of the most vulnerable
ecosystems to WLF [9]. The studies on the ecological impacts of WLF on deep drinking water reservoirs
are still relatively limited [8].

The intensity and frequency of WLF in deep reservoirs in response to anthropogenic
demands—such as drinking water, hydropower generation, or irrigation—may be much higher
than that in natural lakes, particularly under the projected extreme climate change scenarios [8].
For instance, the maximum amplitude of WLF in Lake Shasta, a reservoir in California (USA), reached
as high as 47 m between 1991 and 1993 compared to less than 3 m in some natural lakes [2]. In deep
lakes and reservoirs, excessive WLF can also potentially disrupt thermal structure, alter mixing regimes
and internal nutrient cycles, and consequently increase the likelihood for algal blooms [1,5,12,13].
For instance, due to an extended drought, the water level in Lake Burragorang—a drinking water
reservoir in Australia—dropped 25 m. Vilhena et al. used both hydrodynamic and ecological models to
demonstrate that large river inflow could disrupt thermal stratification when the lake water level was
extremely low, release dissolved nutrients from the hypolimnion, and result in a subsequent Microcystis
bloom. It is expected that climate change will likely aggravate the negative impacts of WLF on drinking
water reservoirs, particularly in the regions with high population growth, urbanization, and rapid
economic development [8]. Better understanding of the impacts of excessive WLF on drinking water
reservoirs, particularly on water quality, will help water resource managers design optimal operation
and develop mitigation plans for climate change.

Existing water infrastructure are often not designed to cope with the impacts of climate
change [1,7]. China’s South–North Water Diversion Project is a part of its national strategy to adapt
and mitigate climate change and meet a rapidly increasing demand for drink water and irrigation.
This multi-billion dollar project aims to divert abundant water resource from the Yangtze River
and its tributaries in the south to the water-stressed north China plain. The Danjiangkou Reservoir,
one of the largest drinking water reservoirs in Asia, is the source water for the middle route of the
South–North Water Diversion Project [14]. To prepare for the water diversion, the water level at the
reservoir was increased after the original dam height was raised to increase its water storage capacity.
This large-scale water-level manipulation in a reservoir may provide a valuable natural experiment
on the ecological effects of WLF and future best management practices. In this study, we tested if the
water level increase had significant effects on phytoplankton assemblages in the reservoir before and
after the water level increase. Most of the studies on WLF focus on the effects of decreasing water
levels on aquatic ecosystems. The studies on the ecological impacts of excessive WLF on drinking
reservoirs are often hampered by limited long-term monitoring data of physio-chemical and particular
biological parameters. Under the projected extreme climate change scenarios, it is expected that
drinking water reservoirs including Danjiangkou may experience higher intensity and frequency of
water level fluctuation. Both design and operation of water infrastructure such as drinking reservoirs
traditionally focus more on water quantity. A better operation and management practice should
include water quality as one of the management priorities, particularly because several excessive
WLF events resulted in harmful algal blooms [1,5,12,13]. Characterizing phytoplankton assemblages
with relation to water level changes will help develop a long-term ecological monitoring system for
drinking water quality in the future. We expected that the increase of the water level in the reservoir
would affect both hydrodynamics and nutrients associated with newly flooded lands and consequently
both spatial and temporal variation of phytoplankton assemblages in the reservoir.
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2. Materials and Methods

2.1. Study Area

The Danjiangkou Reservoir, located in central China (32◦36′–33◦48′ N; 110◦59′–111◦49′ E), is one
of the largest reservoirs in Asia (Figure 1). The dam was initially constructed on the upper reach of
the Han River, one of the largest tributaries of the Yangtze River, in 1973. As one of China’s three
trans-basin water transfer projects [14], the reservoir’s water storage capacity was further expanded by
increasing the dam height from 162.0 m to 176.6 m above sea level in 2013 (Table A1). The reservoir
surface area was increased from 745 km2 at the normal water level of 157 m to 1050 km2 at the normal
water level of 170 m with a maximum water depth of approximately 80 m. The Han and Dan rivers,
two major tributaries, flow into the reservoir and form two major arms, i.e., the Han Reservoir (DRH)
and the Dan Reservoir (DRD), separated by the provincial border line between Hubei and Henan
provinces (Figure 1). The reservoir is approximately isothermal from November to March and thermal
stratification typically starts in April [15].

The climate in the region is characterized as a subtropical monsoon with hot and humid summers
and mild winters. The mean annual temperature is 15.7 ◦C, with a monthly average of 27.3 ◦C in
July and 4.2 ◦C in January. Approximately 80% the annual precipitation of 749.3 mm occurs between
May and September (wet season) [16]. With >200 tributaries flowing into the reservoir, the watershed
includes an area of approximately 95,200 km2. The elevation in the watershed varies between 201
and 3500 m a.s.l. The watershed is dominated by forests (>75%) with major vegetation types varied
from deciduous broadleaves, conifers, to alpine shrub meadows along an elevational gradient [17].
Approximately 15% of the watershed, primarily in the area with a gentle slope below an elevation of
1000 m, is agricultural land with corn and wheat as the two major crops. The top 30 cm of soil consists
of 48% clay, 41% silt, and 11% sand [18].

2.2. Field Sampling and Sampling Time

A total of 10 sites were selected for assessing spatial variability of phytoplankton assemblages
in the reservoir (Figure 1b) and each site was sampled in January, May, July, and October during
2014–2016 for assessing both seasonal and year-to-year variability. The three years corresponding
to the three phases of the water level changes. The number of sites, skewed more toward the Dan
River arm (DRD) (n = 7) than the Han River arm (n = 3), reflect the spatial variability within each
arm of the reservoir. The Han River arm, confined by narrow rocky canyons, is much more river-like
with relatively fast flow while the Dan River arm includes both upper riverine section and a much
more lentic pelagic zone below the confluence of the Dan and Guan rivers (Figure 1b). At each site, a
sample of 5 L of water for phytoplankton assemblage was collected at 50 cm below the water surface
using a Van Dorn sampler and was preserved immediately with 1% Lugol’s solution in January, May,
July, and October during the period of 2014–2016. Water temperature (T), pH, conductivity (CD), and
dissolved oxygen (DO) were measured in situ using a YSI multi-probe (YSI 6920, USA). Transparency
was measured using a Secchi disk (SD).

2.3. Laboratory Analysis

Each phytoplankton sample was concentrated to 30 mL using a glass sedimentation utensil for
48 h. Phytoplankton was counted in a Fuchs–Rosental counting chamber of 0.1 mL under a microscope
(Nikon E200, Kanagawa ken, Japan) at 400× magnification. A minimum of 500 algal units were
identified to the lowest taxonomic level possible and enumerated for characterizing overall algal
assemblages [19–21]. Biovolume of each taxon was calculated based on measured morphometric
characteristics (diameter, length, and width). Conversion to biomass was based on 1 mm3 of algal
volume equals 1 mg of fresh weight biomass. For diatom species identification, samples were processed
with acid reagents [19].
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Total phosphorus (TP) and total nitrogen (TN) were analyzed based on the standard methods of
Chinese Ministry of Environmental Protection [22,23]. TP was analyzed using ammonium molybdate
spectrophotometric method while TN was analyzed using alkaline potassium persulfate digestion
UV spectrophotometric method. Chemical oxygen demand (COD) was analyzed with the potassium
dichromate method.

(a) 

(b) 

Figure 1. Map of China showing (a) water diversion route from the reservoir to the destination cities
(Beijing and Tianjin); and (b) sampling sites in the Danjiangkou Reservoir. The map was generated
using ArcGIS 10.0 (ESRI, Redlands, CA, USA: http://www.esri.com/software/arcgis).
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2.4. Data Analysis

To summarize both spatial and temporal variation of phytoplankton assemblages in the reservoir,
we performed non-metric multidimensional scaling (NMDS) with Bray–Curtis dissimilarity index [24].
Algal data as relative abundance of total algal biomass (n = 118, taxa = 193) were square-root
transformed to dampen the impacts of dominant taxa on the ordination analysis. The NMDS was run
20 times each with a random starting configuration. The final NMDS dimension was selected based on
the lowest stress value among the best solutions. The effects of the reservoir arms (DRH vs. DRD),
year (before vs. after water-level increase), and month on phytoplankton assemblages were assessed
using permutational multivariate analysis of variance (PERMANOVA, ‘adonis’ function in ‘Vegan’
R package [25]) with repeated measures (month), a non-parametric multivariate statistical test [26].
PERMANOVAs were then conducted for each sampling month with Bonferroni’s correction. Prior to
the PERMANOVA tests, the homogeneity of multivariate dispersions among the groups was assessed
with Bray–Curtis dissimilarity measure using the ‘betadisper’ function in ‘vegan’ of R package [25].
The test for the homogeneity of multivariate dispersions (Anderson 2006) is a multivariate analogue to
Levene’s test [27]. In addition, the phytoplankton assemblage distribution patterns captured by the
NMDS were also related with measured environmental variables using ‘envfit’ function in ‘Vegan’ R
package [25]. This function fits explanatory variables in the ordination space defined by the species data
(i.e., NMDS plot). The importance of each vector was assessed using a squared correlation coefficient
(R2). Finally, to characterize what taxa were largely responsible for the assemblage-level changes
before, during vs. after water-level increase, the indicator taxa for each year were identified following
the methods by Dufrene & Legendre (1997). An indicator value of a species for a year was the product
of the relative abundance and the relative frequency of the taxa in the year. The statistical significance
of the indicator value was then tested using a permutation test (999 permutations). All analyses were
performed using R [28] and an R packages of ‘vegan’ [25] and ‘labdsv’. The datasets generated and/or
analyzed during the current study are available from the corresponding author on reasonable request.

3. Results

3.1. Changes of Water Level and Water Quality

Mean annual water level changed from 144 m (2012–2013) to 154 m (2015–2016) in the Danjiangkou
Reservoir (Figure 2, Table A1). Between April and December 2014, the water level increased from
137 m to 161 m, an increase of 24 m (mean = 10 cm/day). From April to October, the water level
increased as a part of seasonal variation while from October to December, the water level continued
to increase as a part of the water transfer project, which started to release water to the distributional
canals on 12 December 2014. The water levels showed pronounced wet and dry seasonal cycles in
2012 and 2013. The annual variations were 17 and 13 m, respectively. After the water transfer project
started, annual variation decreased substantially (7 m in 2015 and 6 m in 2016) with no distinct wet
and dry seasonal cycles.

Water in the reservoir in general had high conductivity, low to moderate nutrients, and high
water transparency (Figure A1). Water temperature showed similar seasonal variation before, during
and after the water level increase. Water quality variables did not show consistent changes before and
after the water level increase (Figure A1). Median specific conductivity increased from 336.5 μS/cm
in 2014 to 368.5 μS/cm and 342.0 μS/cm in 2015 and 2016, respectively while both median TN and
TP concentrations decreased (TN: 2.21 mg/L in 2014, 1.90 mg/L in 2015 and 1.21 mg/L in 2016; TP:
0.05 mg/L in 2014, 0.03 mg/L in 2015, and 0.02 mg/L in 2016). Monthly spatial variation of TN was
higher in both 2015 and 2016 than in 2014. Median water transparency remained high (>3.3 m) before
and after the water level increase. Median pH was 7.38, 7.43, and 7.33 while median COD was 13.60,
12.95, and 13.20 mg/L before, during, and after the water level increase.
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Figure 2. Daily water level changes in the Danjiangkou Reservoir (near the Danjiangkou Reservoir
Dam) between 2012 and 2016.

3.2. Changes of Phytoplankton Assemblages in Relation to Environmental Variables

Phytoplankton assemblages changed seasonally before water level increase and year-to-year
before and after water level changes (Figure 3). The results of PERMANOVA with repeated measures
show that month and year (before, during, and after) as factors explained 13% and 6% of variance
in phytoplankton assemblages (p < 0.001 for both factors), respectively, while spatial variation
between the two reservoir arms only explained 1% of variance in phytoplankton assemblages. Median
phytoplankton biomass in 2014 was 7.4 mg/L and then decreased to 4.9 mg/L and 2.3 mg/L in 2015
and 2016, respectively (Figure A2). PERMANOVA of phytoplankton assemblages for each month
indicated that phytoplankton assemblages were significantly different before, during, and after the
water level increase for each sampling month (p < 0.001) (Table A2). Before the water level increase,
diatoms in both dominance and species composition shifted from a cold and dry season (January and
May) to a warm and wet season (July and October) along the first NMDS axis (Figure 3 and Figure A3).
In 2014, median diatom levels were highest at 70% of phytoplankton biomass in January and dominated
by Cyclotella sp. (30.74%) and Aulacoseira granulata (Ehr.) Simonsen (30.66%) (Figure A3a, Table A3).
Dominance of diatoms continued to decline in May and reached its lowest of 20% in July as median
chlorophytes (e.g., Eudorina sp.) reached 30% (except for two sites) (Figure 3b). Diatoms became
dominant again in October but mainly by Cymbella sp. (14.2%), Synedra sp. (14.0%), and Cyclotella sp.
(13.0%) (Figure A3a, Table A3).

Most noticeable changes after the water level increase were that the seasonal differences in
phytoplankton assemblages between the dry/cold and warm/wet seasons in 2015 and 2016 became
much less evident than in 2014 (Figure 3a). Median chlorophyte relative abundance increased from 8.5%
in 2014 to 19.7% and 21.1% in 2015 and 2016, an increase of 57% and 60%, respectively. Chlorophytes
were abundant in the early season (May) in 2015, particularly at the sites XJD, BS, and LHK where
relative abundance was >80% (Figure A3b). Overall cyanobacteria was relatively low in abundance in
2014 with the highest of 17% at site KX but increased in median abundance to 40% in October 2015
(Figure A3c). At sites TZS and BS, relative abundance was 78% and 72%, respectively, compared to 3.3%
and 7.0% in 2014. A similar pattern was also observed in 2016 but overall relative abundance in October
was substantially lower (median 10%) except for two sites with 40% and 70%, respectively. Lyngbya sp.,
a filamentous benthic cyanobacteria with no heterocysts, was the dominant taxon (Table A3). The
indicator taxa of phytoplankton assemblages before, during, and after water level increase were
presented in Table A4.
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NMDS axis II may primarily reflect the changes in phytoplankton assemblages after the water level
increase, particularly in October. The second axis separates phytoplankton assemblages dominated by
cyanobacteria (Figure 3c) from chlorophytes (Figure 3d). The analysis of vector-fitting of environmental
variables to the NMDS space indicated that several environmental variables significantly correlated
with the ordination space defined by phytoplankton species composition. Both seasonal variation
and before-and-after water level changes in phytoplankton assemblages were primarily correlated
with water temperature (R2 = 0.44, p < 0.001). Correlation with several other variables including COD,
pH, and TP were statistically significant (p < 0.05) but the correlation was relatively weak (R2 < 0.1)
(Figure 3a).

Figure 3. Site plot of non-metric multidimensional scaling (NMDS) analysis showing (a) temporal and
spatial variation of phytoplankton assemblages between 2014 and 2016 in the Danjiangkou Reservoir
with relation to major environmental variables; (b–d) the same plot superimposed with % of diatoms,
cyanobacteria, and chlorophytes in each sample (bubble size is proportional to the relative abundance
of total phytoplankton biomass).

4. Discussion

Water level increase in the Danjiangkou Reservoir did not result in algal blooms. It was expected
that, as water level increased as a result of precipitation, runoff and river inflow, turbidity, and nutrients
from both river inflow/runoff and newly inundated land would increase to a level which may lead to
an increase in algal and macrophyte production, and in some cases, algal blooms [2,9]. In contrast,
median phytoplankton biomass as well as nutrients (TN and TP) in the reservoir decreased during
and after the water level increase (2015 and 2016) while water transparency remained high before,
during, and after the water level increase. As several researchers cautioned, physio-chemical and
ecological processes associated with WLF can be complex [2,29]. The amplitude, increasing rate, and
timing of WLF as well as the characteristics of lakes/reservoirs (e.g., water depth) and watersheds
(e.g., topography and land-use) can all affect how a lake/reservoir may respond to water level changes.
For instance, Lake Burragorang in Australia experienced three major extended droughts and WLFs
between 1988 and 2008, but WLFs only resulted a major algal bloom once [13]. Vilhena et al. used both
hydrodynamic and ecological models to demonstrate that a combination of the low water level in the
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lake and the high river inflow could alter both mixing regime and internal nutrient cycling, which
could lead to a Microcystis bloom. Refilling a completely empty Brucher Reservoir in central-western
Germany was followed by nutrient enrichment as a result of decomposition of submerged terrestrial
vegetation [30]. Due to complete drawdown, zooplankton with no predation pressure grazed down
increased algal biomass, which prevented algal blooms during the initial refilling process. In four
Sardinian reservoirs (Italy), increasing levels of eutrophication and the abundance of cyanobacteria
occurred due to trophic, hydrological, and seasonal patterns, especially in the southern Mediterranean,
and the most important species had significant correlations with nutrients and microcystins [31]. Lack
of algal blooms in response to water level increase in the Danjiangkou Reservoir may be attributed
to several factors. A 10 m increase of the water level inundated approximately 176.75 km2 of new
land around the reservoir including a large portion of agricultural land. The nutrients leached from
the submerged land may be short-lived (e.g., days or weeks) [32,33] and not high enough to alter the
nutrient concentrations in the water column. Gordon et al. experimentally compared the effects of
rewetting dry soils from grassland with low and high productivity and showed nutrient leaching
largely depended on soil productivity [34]. Our data showed that both nutrients (TN and TP) actually
decreased after the water level increase, which may be due to the combination of relatively poor soil
quality with approximately 60% of top soil as clay and sand [18] and the dilution factor of the large
reservoir since the overall inflow volume was still relatively small compared to the volume of the
reservoir. The water level was increased during the period when the reservoir was approximately
isothermal and incoming nutrients may be mixed through the entire water column. Chen et al.
modelled the thermal regimes in the reservoir and their model indicated that the thermal stratification
usually occurred between May and October [15]. Finally, the water level increased during the period
when algal biomass may be approaching the so-called “winter minimum” due to reduced light
energy [35].

Phytoplankton assemblages did change after the water level increase in the Danjiangkou Reservoir.
Before the water level increase, phytoplankton assemblages showed distinct seasonal variation with
diatom dominance in both early and late seasons, commonly observed in a deep dimictic waterbody
(Figure 3) [36]. Unlike the early season, particularly in January when the assemblages were primarily
dominated by two euplanktonic diatom taxa (Cyclotella sp. and A. granulate), diatoms were still
dominant but with a higher proportion of benthic taxa in the late season, particularly in October
(Table A2). A higher proportion of benthic diatoms may be from high river inflow during the wet
season. It is interesting that NMDS shows that the seasonal variation in phytoplankton assemblages
was much less evident after the water level increase (Figure 3). In addition, chlorophytes were abundant
in early season (May) in 2015 while cyanobacteria became abundant in October 2015. Compositional
change of phytoplankton assemblage may largely reflect changes in environmental conditions, such
as newly available littoral zones, hydrodynamics, and thermal regimes mediated by the water level
increase. Water level increase at a slow and steady pace may create a “moving littoral zone” where
active aquatic-terrestrial interaction may take place [29]. With median water transparency remaining
at >3 m, a “moving littoral zone” may provide newly available habitats, particularly for benthic algae
which can colonize a wide range of substrates [37]. It is interesting that increased cyanobacteria in
October 2015 was mainly attributed to Lyngbya sp., a benthic filamentous taxon. Replacement of benthic
diatoms in October by cyanobacteria after the water level increase may be attributed to opportunistic
nature of Lyngbya sp. with the ability to quickly colonize newly available benthic habitats and altered
thermal regimes. Lyngbya often start as a benthic mat in marginal areas of lakes/reservoirs or large
rivers and then develop into floating mats [38,39]. The taxa has a high temperature optimum, low light
requirement, and high tolerance for a wide range of nutrient conditions and quickly colonized and
established large populations immediately after aquatic macrophyte beds were removed by herbicides
in southeastern US lakes [38], or new habitats became available in the Great Lakes (USA) [40] and
then became a nuisance as floating mats. The taxa grow best at depth between 1.5 and 3.5 m in mixed
substrates of sand and fragmented shells and grew in water with high turbidity and DOC associated
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with agricultural land in the St. Lawrence River and Maumee River (USA) [39]. Chen et al. used
a hydrodynamic model to assess the effects of water level increase on the thermal regimes in the
Danjiangkou Reservoir [15]. Their model predicted that the water level increase may increase water
temperature in the winter and decrease it in the summer. In addition, the water level increase may
also alter vertical thermal stratification. Lack of ‘normal’ water level fluctuation and associated altered
seasonal temperature variation in the reservoir may also contribute to diminished seasonal variation
in phytoplankton assemblages.

Climate change poses additional challenges on the management of water infrastructure, such
as drinking water reservoirs. Adaptive water management practices and mitigation plans will likely
reduce the impact of climate change on water resources as well as adaptation costs [8]. It is critical
for reservoir managers to understand how WLF may affect reservoir ecosystems so that a mitigation
plan can be developed [5]. It was unexpected that Lyngbya sp., a mat-forming benthic cyanobacterial
taxa, became so abundant during water level increase. Some species in this genus such as L. wollei
have been reported to produce a potent, acutely lethal neurotoxin [41]. Unfortunately, in this study, we
were unable to positively identify Lyngbya sp. to the species level. Further studies on its taxonomic
identification including laboratory culture and molecular work, reoccurrence, and persistence are
needed to assure drinking water safety. Our results also indicated that pronounced seasonal succession
of phytoplankton assemblages was diminished after water level increase in 2016, an indication of
changed thermal dynamics in the reservoir. Its negative impacts on several fish species downstream
have been assessed and several management plans have been developed to mitigate the negative effects
of water level increase on water temperature and downstream biota [15]. It is not clear if abundant
Lyngbya sp. was associated with changing thermal regimes. Effects of water level increase on ecosystem
structure and function in the reservoir are much more complicated than the physico-chemical variables
and thus the observed results in this study with limited study duration should be interpreted with
caution. It is difficult to discern how much biotic variation is due to natural or human induced
WLF since it is almost impossible to have a true natural reference for man-made impoundments [29].
It is equally difficult to assess the long-term effects of WLF on ecosystem structure and function.
Reservoir managers should incorporate a long-term biological monitoring plan as an integral part
of the drinking water reservoir management plan. Such a long-term biological monitoring plan
should also be enhanced by emerging new DNA sequencing technology to assure both accuracy and
consistence of taxonomic identification [42].

5. Conclusions

In summary, phytoplankton compositional change may largely reflect the environmental changes
such as hydrodynamics mediated by the water level increase. In the drinking water source area,
long-term monitoring plans should include biological assemblages to better reflect the impacts of
environmental conditions on ecological processes in the waters.
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Appendix A

Table A1. Comparison of main characteristics of the Danjiangkou Reservoir before and after the
dam heightening.

Fundamental Parameters
Stage

Before Dam Heightening After Dam Heightening

Dam height (m) 162 176.6
Normal water level (m) 157 170

Total capacity (billion m3) 174.5 290.5
Dead water level (m) 140 150

Adjustable storage capacity (billion m3) 98.0~102.2 136.6~190.5
Reservoir area (km2) 745 1050
Limit drop depth (m) 18 25

Backwater length (km) DRH 177 193.6
DRD 80 93.5

Bank shoreline length (km) 4600 7000
Capacity ratio 0.45 0.75

Table A2. Results of permutational multivariate analysis of variance (PERMANOVA) of phytoplankton
assemblages for each sampling month. The bold p-values are statistically significant after
Bonferroni correction.

Variance Index Df SS MS F value R2 p Value

January
Reservoir arm 1 0.4923 0.4923 2.1661 0.06 0.022

Time 1 2.209 2.2090 9.7196 0.25 0.001
Residuals 27 6.1364 0.2273 0.69

May
Reservoir arm 0.5764 0.5764 2.1475 0.06 0.03

Time 2.5646 2.5646 9.5547 0.25 0.001
Residuals 7.2471 0.2684 0.7

July
Reservoir arm 1 0.3205 0.3205 1.0795 0.03 0.37

Time 1 1.9596 1.9596 6.5992 0.2 0.001
Residuals 26 7.7207 0.297 0.77

October
Reservoir arm 1 0.2965 0.2965 0.9312 0.03 0.499

Time 1 1.3193 1.3193 4.1428 0.13 0.001
Residuals 26 8.2802 0.3185 0.84
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Abstract: Functional-based approaches are increasingly being used to define the functional diversity
of aquatic ecosystems. In this study, we proposed the use of δ13C and δ15N stable isotopes as a proxy
of zooplankton functional traits in Lake Maggiore, a large, deep subalpine Italian lake. We analyzed
the seasonal pattern of δ13C and δ15N signatures of different crustacean zooplankton taxa to determine
food sources, preferred habitats, and trophic positions of species throughout one year. The cladocerans
Daphnia longispina galeata gr., Diaphanosoma brachyurum, and Eubosmina longispina were grouped into
a primary consumer functional group from their δ13C and δ15N isotopic signatures, but while the
former two species shared the same food sources, the latter exhibited a more selective feeding strategy.
Cyclopoid copepods occupied a distinct functional group from the other secondary consumers, being
the most 15N enriched group in the lake. The δ15N signature of calanoid copepods showed trophic
enrichment in comparison to Daphnia and Eubosmina and linear mixing model results confirmed a
predator-prey relationship. In our study, we have demonstrated that the use of δ13C and δ15N stable
isotopes represented an effective tool to define ecological roles of freshwater zooplankton species and
to determine functional diversity in a lake.

Keywords: functional diversity; zooplankton; seasonality; stable isotope analysis; trophic interactions

1. Introduction

Functional-based approaches are increasingly being used to study aquatic ecosystems as an
alternative to traditional taxonomy-based approaches. Functional diversity is a biodiversity measure
based on the ecological role of the species present in a community. Species-specific functional traits,
or “what they do” [1], allows species to be defined by their interactions within an ecosystem [2] in
terms of their ecological roles and how they interact with the environment and with other species [3].

Many recent ecological studies [2,4,5] suggest the importance of species ecological roles, and not
just the number of taxonomic species, in the relationship between biodiversity and ecosystem
functioning. This is a central concept if we are to understand and predict the resilience of a community
to perturbations. If two species are deemed to be functionally alike and to occupy a similar trophic
niche [6,7], the loss of one of those species is not likely to have an impact on the resource pool, as the
other will increase its activity accordingly. The loss of functional diversity in the ecosystem is mitigated,
as the species lost does not possess unique functional traits. Thus, the sum of organism functional
traits within an ecosystem can be said to represent an indirect measure of its functional diversity [1,8].
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Although the importance of functional diversity is widely recognized, there is no consensus on how to
quantify functional diversity within a community, as relationships between the various indices have
not yet been established [9].

Freshwater zooplankton play a key role in aquatic ecosystems in the transferal of biomass and
energy from phytoplankton to top predators, e.g., [10,11]. While studies on phytoplankton have
increasingly highlighted the importance of functional traits and functional classification in ecological
studies, only a few have attempted this approach with zooplankton. Barnett et al. [2] applied the
measure of functional diversity [12] to crustacean zooplankton communities. Quantitative functional
traits considered were the C:N ratio, mean body size, and preferred food size range, while qualitative
traits described the preferred habitat, food selectivity, and trophic position of each species.

Analysis of δ13C and δ15N stable isotopes is widely used to quantify food sources, trophic
positions, and the interactions of organisms, as the δ13C of a consumer can infer the assimilated source
of dietary carbon [13,14] and δ15N the trophic role [14,15]. Considering a functional-based perspective,
δ13C and δ15N could identify ecological relations among taxa, such as competition and predation,
ecological niche, habitat preference, and taxa redundancy, and help to define functional groups in an
ecosystem. In this study, we propose the use of δ13C and δ15N stable isotope analysis to quantify some
of the “qualitative functional traits” [2] for pelagic crustacean zooplankton taxa in Lake Maggiore, a
large, deep subalpine lake in Italy. As species composition, diversity, and biomass of zooplankton can
change significantly seasonally, especially in temperate lakes [16], the seasonal variation of δ13C and
δ15N was used to define seasonal patterns in habitat preference, food sources, and taxa trophic position.
This allowed an interpretation of taxa redundancy and a hypothesis of bottom-up and top-down
mechanisms potentially driving the observed changes.

One use of stable isotopes is to determine the proportional contributions of several sources in a
mixture. An example of a source proportion calculation includes the determination of various food
sources in an animal’s diet [17]. Linear mixing models are used to estimate proportions for two sources
using isotopic signatures for a single element (e.g., δ13C), or for three sources using isotopic signatures
for two elements (e.g., δ13C and δ15N; [18]). In this study, we have used a linear mixing model [18,19] in
order to discriminate the relative contribution of different preys in the diet of zooplankton consumers
such as calanoid and cyclopoid copepods and the predatory cladoceran Leptodora kindtii. This further
contributed to the understanding of food preference and taxa trophic position in the zooplankton
community of Lake Maggiore.

2. Materials and Methods

Lake Maggiore (45◦57′ N 8◦32′ E 3◦47′ W) is the second deepest (dmax 370 m) and largest (area
212.5 km2, volume 37.5 km3) subalpine lake in Italy. Being phosphorus-limited (TPmax ca. 10 μg L−1),
the lake is oligotrophic and has recovered from eutrophication of the late 1970s [20,21].

Except for September, vertical zooplankton hauls from the surface to a depth of 50 m were
collected. This follows the standard routine sampling for deep subalpine lakes, in which samples are
collected within the upper 50 m depth, as previous research on the vertical distribution of zooplankton
showed that this is the water layer in which zooplankton live [22]. Monthly samples were collected
from April to November 2009, when total zooplankton biomass was ≥3 mg·m−3, using a wide-mouth
450 μm mesh zooplankton net of diameter 0.58 m, filtering 13 m3 lake water from three pelagic stations
(G: 45◦58′30” N 8◦39′09” E, B: 45◦54′28” N 8◦31′44” E, L: 45◦49′70” N 8◦34′70” E) [16].

Zooplankton samples for the quantification of biomass were collected with a Clarke-Bumpus
plankton sampler of a 126 μm mesh size and fixed in ethanol 96% to estimate the taxa-specific
population density (ind·m−3) and standing stock biomass (dry weight, mg·m−3) [22]. Organisms for
isotopic analyses were kept overnight in filtered (1.2 μm GF/C filters) lake water for gut clearance,
before sorting into taxa and quantities suitable for isotopic analyses. The taxa analyzed were
Daphnia longispina galeata gr., Eubosmina longispina, Diaphanosoma brachyurum, Bythotrephes longimanus,

34



Water 2018, 10, 108

Leptodora kindtii, adults of the calanoid copepods Eudiaptomus padanus and Eudiaptomus gracilis, and of
the cyclopoid copepods Mesocyclops leuckarti and Cyclops abyssorum.

Samples were oven-dried for 24 h at 60 ◦C, before homogenizing and transferal into tin capsules
of 5 × 9 mm in size. Depending on body mass, 50 to 700 individuals of each taxa were pooled to
reach a minimum dry weight (DW) of 1 mg per sample. Three replicates of each taxa were run from
each of the three sampling stations, as among-station differences were statistically non-significant
(p > 0.05, Friedman Analysis of Variance, ANOVA test; [16]). The isotopic composition of organic
carbon and nitrogen was determined from the analyses of CO2 and N2 by the G. G. Hatch Stable
Isotope Laboratory at the University of Ottawa, Ontario, Canada, using a CE 1110 Elemental Analyser
(Vario EL III manufactured by Elementar, Germany) and a DeltaPlus Advantage isotope ratio mass
spectrometer (Delta XP Plus Advantage manufactured by Thermo, Bremen, Germany) coupled to a
ConFlo III interface (Conflo II manufactured by Thermo, Bremen, Germany). The standard deviation
of the analyses (SD) based on laboratory internal standards (C-55) was < 0.2� for both δ13C and δ15N.
Isotope ratios were expressed as the parts per thousand (�) difference from a standard reference of
PeeDee Belemnite for carbon and atmospheric N2 for nitrogen:

δ13C, δ15N =

[( Rsample

Rstandard

)
− 1
]
× 1000 (1)

where R is the isotopic ratio: 13C/12C and 15N/14N.
Lipids can be δ13C -depleted as a consequence of fractionation during lipid synthesis [23], which

can lead to a misrepresentation of results as differences in predator-prey δ13C could be greater than the
expected 0.8� [24]. The C:N ratio was used as an indicator of lipid content. Invertebrates, including
crustacean zooplankton, tend to have a C:N ratio of 4 [25], but C:N varies seasonally [26] and was as
high as 7, so we used a revised version of the lipid normalizing procedure based on the C:N ratio [27],
substituting the corrected parameters into Equations (2) and (3):

L =
93

1 + (0.246 × (C ÷ N)− 0.75)−1 (2)

δ13C′ = δ13C + D ×
(

I +
390

1 + 287
L

)
(3)

where L is the proportion of lipid in the sample; C and N are the proportions of carbon and nitrogen in
the sample, respectively; δ13C′ is the lipid normalized sample signature; δ13C is the measured sample
signature; D is the isotopic difference between the protein and lipid (7.018 ± 0.263); and I is a constant
of 0.048 ± 0.013 [28].

Zooplankton δ13C and δ15N isotopic signatures were referred to that of the pelagic baseline, which
was expressed by the primary consumer, Daphnia longispina galeata gr. This choice came from previous
stable isotope studies in Lake Maggiore [16], showing that Daphnia’s δ13C signature in the different
seasons was closely correlated with the signature of seston (r = 0.86; p < 0.01; N = 13), confirming that
Daphnia was an appropriate proxy for the pelagic baseline against which the carbon isotopic signals of
other zooplankton can be compared. Δ13C was used to detect seasonal changes in taxa specific feeding
behavior and assess the origin of carbon sources fueling the pelagic food web.

The carbon fractionation between consumer and resource (F = δ13Ccons − δ13Cdiet) is ≤ 0.8�
(±1.1� S.D.) [24]. The δ15N of consumers has been shown to be enriched 2.55� [29] for zooplankton,
and was used to assess seasonal change in taxa-specific trophic position (T), as a consumer’s carbon
signature is related to the baseline (F ≤ 0.8 ± 1.1) by:

T = (E/λ) + 2 (4)
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where λ is the stepwise enrichment, E = 2.55� [29], and 2 is the value commonly assigned to the
deviation of primary consumers from the pelagic isotopic baseline. A trophic level of T = 3 indicates that
a consumer is feeding on a primary consumer, whereas T = 4 suggests that there is an intermediate prey.

When δ13C of the predator lies between that of two different prey taxa, suggesting a simultaneous
use of both sources, the percent carbon contribution (p; q) of each prey to the predator’s diet was
calculated by the 2-end member linear mixing model (2-em LMM), [18,19] as:

p = (δ13Cpredator − δ13Cprey2)/(δ13Cprey1 − δ13Cprey2); q = 1 − p (5)

where p and q are the relative contributions (%) of prey1 and prey2 carbon signatures to the predator
δ13C carbon signature (δ13Cpredator).

When three potential prey sources were assessed, their isotopic signatures were partitioned by
applying a 3-end member mixing model [18] to calculate the fractional contribution (p; q; z) of each of
the three food sources to the predator’s diet as:

p = ((δ15Nprey3 − δ15Nprey2)(δ13Cpredator − δ13Cprey2) − (δ13Cprey3-δ13Cprey2)(δ15Npredator − δ15Nprey2))/

((δ15Nprey3 − δ15Nprey2)(δ13Cprey1 − δ13Cprey2) − (δ13Cprey3 − δ13Cprey2)(δ15Nprey1 − δ15Nprey2));

q = ((δ13Cpredator − δ13Cprey3) − (δ13Cprey1 − δ13Cprey3)p/(δ13Cprey2 − δ13Cprey3);

z = 1 − p − q (6)

where p, q, and z are the relative carbon contribution (%) of prey (prey 1, 2, and 3). As required by
the mixing model, δ13Cpredator and δ15Npredator were corrected for trophic fractionation, by weighting
the isotopic signature of the prey against their percentage contribution to total biomass on each
sampling date.

The software IsoError 04 (https://www.epa.gov/eco-research/stable-isotope-mixing-models-
estimating-source-proportion) [18] was used to perform all 3-end member LMM calculations. Statistical
analyses (Shapiro-Wilkinson W-test, Spearman-Rank correlation, Hierarchical Cluster Analysis) were
performed using the software Statistica 12 (version 12, TIBCO Statistica Company, Palo Alto, CA, USA)
and Sigmaplot 11.0 (version 11, Systat Software Inc., San José, CA, USA).

Cluster analysis of the seasonal variation in δ13C and δ15N for each taxa was performed with the
software Sigmaplot 11.0. An Euclidean distance measure was used as the data were continuous [30].

3. Results

3.1. Seasonal Variation in δ13C and the Determination of Consumer Resources

The seasonal variation of δ13C for the different zooplankton species is shown in Figure 1.
The variation of δ13C in Daphnia was most depleted in spring, with a value of −36.3� ± 0.6 (SD),
and became most enriched during the summer in August, with a value of −26.0� ± 0.1 (SD).
Diaphanosoma was present in the lake in October and November and its δ13C signature overlapped with
a strong correlation (p = 0.06; R = 0.66) with the δ13C signature of Daphnia. Also, the δ13C signature of
Bosmina overlapped with that of Daphnia in June, July, and October. This similarity in δ13C indicates
that herbivorous cladocerans are sharing the same type of resources. When more δ13C-depleted values
were recorded for Bosmina (−32.0� ± 0.1, SD) than for Daphnia (−29.7� ± 0.1, SD), this might suggest
a deviation in dietary sources over the winter months (November).

The δ13C signature of copepods was more δ13C -depleted than that of the pelagic baseline (annual
mean of −26.4� ± 4.4, SD) all year round, with a δ13C annual mean of −32.4� ± 4.6 (SD) for calanoid
copepods and −34.5� ± 2.4 (SD) for cyclopoid copepods.

The procedure of lipid normalization for cyclopoid copepods decreased their average value of the
δ13C signature, but the relative values between species were unaffected. The seasonal trend of δ13C
signature for calanoid copepods generally traced the δ13C pelagic baseline signature (F < 0.8). The δ13C
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signature of Bythotrephes overlapped with the pelagic baseline (F < 0.8) from June to October, suggesting
a tight dependence of this predatory cladoceran on pelagic food resources. However, in November,
the δ13C signature of Bythotrephes was less δ13C -depleted (−26.8�) and the least 13C-depleted of all
zooplankton taxa. The δ13C signature of the other predatory cladoceran Leptodora was also related to
the pelagic baseline (F < 0.8).

Figure 1. Seasonal changes in δ13C signature (mean, ±SE) in pelagic zooplankton taxa of Lake Maggiore
in 2009. White symbols refer to primary consumers, grey and black to secondary consumers, with the
dotted line referring to the pelagic isotopic baseline.

3.2. Seasonal Variation in δ15N and Determination of Trophic Levels

The δ15N seasonal pattern was the same for all zooplankton taxa, with more N-enriched values
in early spring and late autumn, and less δ15N-enriched values during the warm months (Figure 2).
The seasonal variation in δ15N was more pronounced in primary than in secondary consumers, as the
predatory taxa Bythotrephes, Leptodora, and cyclopoid copepods had a small δ15N range (NR) of 1.27�,
1.32�, and 1.74�, respectively, whilst Daphnia, Bosmina, Diaphanosoma, and Eudiaptomus had a wider
NR range of 3.75�, 3.32�, 3.57�, and 2.50�, respectively.

Cyclopoid copepods were the most δ15N-enriched group, with δ15N ranging between 7.92� in
October and 9.67� in May, and with a Fmax of 6.6�.

On average, predatory cladocerans were more δ15N-enriched than the pelagic isotopic baseline.
The δ15N signature of Daphnia, Bosmina, and Diaphanosoma overlapped (≤5�), with δ15N of the latter
two taxa significantly correlated with Daphnia (p < 0.001; Spearman Rank Correlation coefficient R > 0.9;
N = 8, 12, respectively).

Calanoid copepods had enriched δ15N signatures, ranging from 5.81� in October to 9.38� in
April. Δ15N enrichment with respect to the pelagic baseline varied between a maximum of 4.45� in
October and a minimum of 2.65� in April, suggesting a change in trophic feeding level and differential
exploitation of food resources.

Using mixing models to quantify the contribution of different prey to predators’ diet,
the contribution of the zooplankton preys assimilated by the consumer did not always match the
zooplankton prey biomass present in the lake (Figure 3a,b). For example, in July, the estimated
proportion of Daphnia and Bosmina in the diet of calanoid copepods was 53.2% and 46.8%, respectively,
when Daphnia was present in the lake with a biomass of 80%. In October and November, the diet of
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calanoids copepods maintained a similar estimated contribution of Daphnia 57.7% and Bosmina 42.3%,
when Daphnia was present in the lake with a biomass of 16.9% of total zooplankton biomass.

Bythotrephes
Leptodora

Bosmina
Diaphanosoma
Daphnia

Figure 2. Seasonal changes in δ15N signature (mean, ±SE) in pelagic zooplankton taxa of Lake
Maggiore in 2009. White symbols refer to primary consumers, grey and black to secondary consumers,
with the dotted line referring to the pelagic isotopic baseline.

  
(a) (b) 

Figure 3. (a) Comparison between (a) contribution of different preys to the predators’ diet calculated
with the 2-em-LMM (JUL) and the 3-em-LMM (OCT-NOV); (b) biomasses (mg m−3) of the potential
preys in the sampling moment. Numbers within the bars correspond to calculated percentage values.
DPT = calanoids; CYC = cyclopoids; LEP = Leptodora.

The diet of Leptodora in July was partitioned between Daphnia and Bosmina with 87.2% and
12.8%, respectively, while in autumn, the 3-linear mixing model indicated a higher consumption of
Diaphanosoma (76.6%) than Daphnia (5.9%) and Bosmina (17.5%).

The diet of cyclopoid copepods in October and November was estimated by the mixing model to
be 83.1% Bosmina and 16.9% Daphnia, when Bosmina was present in the lake, representing 75% of the
total zooplankton biomass.
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3.3. Determination of Functional Roles from δ13C and δ15N

Cluster analysis of the seasonal variation in δ13C for each taxon (Figure 4a) identified three
major groups. The first split of the ordination separates the cyclopoid copepods from the other
taxa, most likely as a result of the group utilizing deeper carbon sources in the pelagic zone. Lipid
correction applied to δ13C did not affect the seasonal pattern observed in the taxa. The second
and further split in the cluster analysis grouped together the primary herbivorous cladocera
Daphnia longispina galeata gr., Diaphanosoma brachyurum, and Eubosmina longispina, and the secondary
consumers Bythotrephes longimanus, Leptodora kindtii, and calanoid copepods.

Cluster analysis of the seasonal variation in δ15N for each taxon (Figure 4b) clearly grouped
the taxa into two functional groups, the primary consumers, D. longispina galeata gr., D. brachyurum,
and E. longispina, and the secondary consumers B. longimanus, L. kindtii, and copepods.

(a) (b) 

 

Figure 4. Cluster analysis of the seasonal variation of (a) δ13C and (b) δ15N for each zooplankton taxa
using the Euclidean measure of distance.

4. Discussion

Functional biodiversity measures are based on the functional traits of the species in a community,
rather than species richness, as it is interactions that determine the response of the ecosystem to a
perturbation [31–33]. A methodology to determine the functional diversity within an ecosystem is
quantifying the functional relationships between species as the distance measure of the branch length
of the connecting functional dendrogram [12]. But it is not just the distance measure or clustering
algorithm used that is important, it is the choice of which functional traits to include that is crucial [34].

In this study, we propose to use δ13C signature as a proxy for determining habitat preference and
foraging zone by inferring pelagic vs. littoral feeding preferences. We further analyzed the relationship
between δ13C taxa signature and phytoplankton succession during the studied year of 2009.

Confounding factors in a dynamic ecosystem like Lake Maggiore include seasonality and
predation pressure variation. Seasonal changes in the littoral and pelagic δ13C isotopic baseline
were identified by a temporal shift towards less 13C-depleted values in the summer, which is a trend
commonly observed in thermally-stratified lakes [35,36]. In lacustrine systems, δ13C and δ15N of
suspended particulate matter (seston) varies seasonally [37] because of differences in the allochthonous
input, phytoplankton species composition, and primary productivity [38,39]. In Lake Maggiore, it has
been demonstrated that δ13C of the primary consumer Daphnia longispina galeata gr. tracks the isotopic
composition of seston (50 ≤ size ≤ 126 μm) and of the pelagic baseline [16,35]. The choice of Daphnia
as a useful isotopic baseline is supported by other studies [27], considering this taxa as a short-lived
organism suited for fine scale temporal integration of pelagic δ13C or δ15N signatures.
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If we consider the phytoplankton component of seston, there is variation in the fractionation
of δ13C between phytoplankton groups, with Chrysophyceae and Bacillariophyceae being more
depleted in δ13C than Cyanobacteria [37]. In Lake Maggiore, Bacillariophyceae are the most dominant
phytoplankton group with a high biomass throughout the year [37,40]. In the year of our study (2009),
a peak in the Bacillariophyceae biomass of Aulacoseira sp., Asterionella sp., and Fragilaria sp. was
recorded in spring [37], when the cladoceran Daphnia longispina galeata gr. had the most δ13C-depleted
values, while when Cyanobacteria biomass increased in the lake during the summer and autumn,
Daphnia longispina galeata gr. had more δ13C-enriched values. This is suggestive of the opportunist
nature of Daphnia longispina galeata gr., feeding on the most abundant component of the phytoplankton.

Rather than simply attributing organisms to different trophic groups per se from isolated values
of δ15N, we analyzed the seasonal variation in δ13C and δ15N fractionation to identify changes in
trophic interactions and feeding niche change. Daphnia longispina galeata gr., Diaphanosoma brachyurum,
and Eubosmina longispina can be grouped into a “primary consumer” functional group from their δ13C
and δ15N isotopic signatures and known trophic interactions. Determination of functional groups
is important and consensus is being placed on the importance of how species are likely to react to
a perturbation, which is particularly crucial in considering the consequences of species loss. In the
cluster analysis we performed, the grouping of the δ13C and δ15N isotopic signature of the herbivorous
cladocerans Daphnia longispina galeata gr. and Diaphanosoma brachyurum, indicates a use of the same
seasonal carbon pool. This is also confirmed by the similar values of the two cladoceran taxa in their
δ13C signature. The position of Eubosmina in the cluster analysis might show a slightly different use of
food resources, a hypothesis confirmed by its δ13C depletion values observed in November. These
results indicate a deviation in dietary sources and a possible shift towards a more selective feeding
strategy for phytoplankton [29,41] over the winter, as phytoplankton tends to be more δ13C-depleted
than detritus [28,41,42].

A redundant species can be generically defined as one that co-exists with an overlapping
functional role and trophic niche to other species [5] in a community.

Bythotrephes is a cladoceran known to actively predate on Daphnia [43], which was indicated by
its trophic δ15N enrichment in comparison to Daphnia. However, in our study, when Daphnia was
scarce in the lake in October and November, Bythotrephes seemed to switch its feeding preference to
Diaphanosoma as its prey. This diet switching from Daphnia to Diaphanosoma during periods of Daphnia
scarcity was also observed for Leptodora, as the δ15N of Leptodora did not indicate that they fed on
calanoid or cyclopoid copepods, rather that they preferentially exploit cladocerans.

Thus, the results in our study might indicate that Daphnia longispina galeata gr. and
Diaphanosoma brachyurum are redundant species in the zooplankton community of Lake Maggiore, as
their trophic roles are overlapping and interchangeable. Our hypothesis is further supported by the
well-known interspecific competition of these two taxa for the same food sources in lakes [44].

The δ13C signature of calanoid copepods in our study was more depleted than the Daphnia
δ13C signature. This has been observed in previous studies on freshwater zooplankton [28,38,41],
and has been attributed to the calanoid copepods omnivorous diet of seston and small zooplankton
like Eubosmina and rotifers [45–48].

The δ15N isotopic signature of calanoid copepods showed a trophic stepwise enrichment in
comparison to Daphnia and Eubosmina, indicative of a predator-prey relationship. This was confirmed
by the results of the linear mixing model [18], showing that calanoid copepods preyed on Daphnia and
Eubosmina in similar percentages in spring and in autumn. Although herbivorous during some life
stages, copepods are one of the main groups of invertebrate predators in limnetic and littoral inland
waters [45].

In our study, cyclopoid copepods occupied a distinct functional group from the other secondary
consumers, being the most 15N -enriched zooplankton group in the lake during the year. We recorded
highly δ13C depleted values for cyclopoid copepods, and a high fractionation with respect to the
pelagic baseline (F ~ 7.6), suggesting that cyclopoids may be relying upon deeper carbon sources
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than those exploited by Daphnia. In deep lakes, the carbon isotopic signature is strongly influenced
by depth, with organisms living in deeper layers characterized by more negative values than those
living closer to the surface and in the littoral zone [42,49,50]. Moreover, in oligotrophic clear lakes,
especially in periods of water column stratification, it is common to have a gradient of δ13C POM
(Particulate Organic Matter) with depth [51,52]. Matthew and Mazumder (2006) conducting a study
in the oligotrophic Council Lake, recorded a δ13C of POM decrease with depth in the water column,
and zooplankton taxa at deeper depths also had a lower δ13C. Our hypothesis is reinforced by the
cluster analysis with δ13C values, which clearly show that cyclopoid copepods represented a distinct
group, indicating a different utilization of carbon sources than other zooplankters, possibly found in
deeper parts of the pelagic zone [49,53–55].

Because seasonal changes in the δ13C isotopic baseline were identified by a temporal shift towards
less 13C depleted values in the littoral in the summer, this enabled the determination of the preferred
foraging habitat of zooplankton taxa. The seasonal trend of cyclopoid copepods δ13C values could
also be related to the observed presence of the planktivorous fish roach (Rutilus rutilus) in the lake
during the summer, as a predation-avoidance strategy by cyclopoid copepods from the increase in
predator pressure in the pelagic. The δ13C -enrichment observed in cyclopoid copepods in autumn
may be explained by their return to the upper part of the pelagic zone when roach have migrated to
the littoral zone to spawn [35].

The variation in δ15N of Bythotrephes could also be related to the presence or absence of
plankivorous fish in the pelagic zone, as they exhibit δ15N depletion for the entirety of the period
when planktivorous fish are feeding in the pelagic [35]. δ15N enrichment increases when the
predation-pressure decreases. As the variation of δ15N between prey-predator decreases with niche
occupation of increasing trophic levels, it is likely to be led by a top-down mechanism.

Cluster analysis with δ15N seasonal variation clearly split the zooplankton taxa into two
functional groups, the primary consumers, Daphnia longispina galeata gr., Diaphanosoma brachyurum,
and Eubosmina longispina, and the secondary consumers, Bythotrephes longimanus, Leptodora kindtii,
and the copepods. The secondary consumers were more 15N -enriched than primary consumers.
Cyclopoid copepods were feeding on the highest trophic level, which can be estimated to be 2–3 trophic
levels higher than the primary producers, depending on whether a fractionation factor of 2.55 [29] or
3.4� [14] is used.

In this study, three or four trophic levels were identified in crustacean zooplankton of Lake
Maggiore. In bio-magnification and energy and matter transfer in a pelagic food web, zooplankton is
considered a crucial link between the primary producers and fish. In bio-energetic models, zooplankton
are categorized as a “source” [56], or pooled into a singular grouping [57] of the trophic level of 2 [58,59],
without taking into account species-specific traits or differences in life stage. Because the relative
biomass of zooplankton taxa can significantly change during a calendar year [60], and because trophic
positions of taxa and their relationships are dynamic during the year, we can conclude that freshwater
zooplankton cannot be clustered together in the same ecological compartment. We propose the
inclusion of seasonality and the dynamic of species trophic roles of zooplankton in the construction of
models predicting bio-magnification capability.

In our study, we have demonstrated that the use of δ13C and δ15N stable isotope analysis
represents an effective way to investigate the relationships present in the zooplankton community of
a lake. In fact, the preferred habitat, food selectivity, and trophic position of each species could be
defined. Through the use of δ13C and δ15N stable isotopes as a proxy of zooplankton functional traits,
we can gain a better understanding of the ecological roles of the zooplankton species in the lake and
thus define the functional diversity of the ecosystem. Moreover, combining the use of δ13C and δ15N
stable isotopes with dietary analysis, we provided evidence that this could be an effective approach to
infer functional groups, helping us understand the impact of functional differences in resource use.
In particular, we have demonstrated that seasonal variations of δ13C and δ15N stable isotopes indicated
a dynamic process of change in the relationships among zooplankton taxa, according to the different
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availability of food sources and of potential bottom-up and top-down (in particular fish predation)
mechanisms present in the lake.
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Abstract: Interest in Stable Isotopes Analyses (SIA) is increasing in freshwater ecology to better
clarify ecosystems’ functioning. By measuring carbon and nitrogen isotopic signatures, food sources
and organism trophic levels can be tracked, providing quantitative estimates of bi-dimensional
niches. In order to describe some general patterns of carbon and nitrogen stable isotope signatures
in lakes, we applied SIA to zooplankton community in five subalpine lakes sampled in spring and
summer along a trophic gradient (from oligotrophy to hypereutrophy). Within zooplankton taxa,
temporal variation in food sources and trophic levels were compared to find out taxon-specific
patterns. Carbon and nitrogen isotopic signatures differed among the five lakes, reflecting depth,
topography, and trophic status of the lakes. Carbon isotopic signatures varied more considerably in
deeper and larger lakes (Mergozzo and Pusiano) than in a shallower and smaller lake (Lake Endine).
Nitrogen isotopic signatures were generally more enriched in lakes Pusiano and Moro than in Lake
Mergozzo, whereas in summer, they were depleted in all lakes. These observations indicate that
zooplankton taxa specific trophic roles differed among lakes and in time.

Keywords: Stable Isotopes Analysis; trophic gradient; small lakes; zooplankton

1. Introduction

Stable isotopes are increasingly used in aquatic ecological studies to clarify food web functioning
by quantifying carbon and nitrogen flows through water ecosystems [1]. The great advantage of this
approach is that complex interactions among organisms are simultaneously captured [2–4], providing
information about roles of the different taxa in the environment.

The basic idea is that the isotope ratio of a consumer depends on its diet. Stable carbon isotope ratio
(δ13C‰) reflects the input of carbon revealing the contributions of different food sources, and nitrogen
isotope (δ15N‰) indicates the trophic role because a consumer is typically enriched with respect to its
diet (e.g., [5–8]).

Increasing δ15N enrichment is usually observed with the increasing lake trophic status [9–11].
Carbon contents of planktonic grazers and their food sources differ in response to trophic status in
lakes, mainly because of differences in contribution of phytoplankton to the food sources [10]. On the
other hand, less to more 13C-depleted carbon signatures from littoral to pelagic carbon sources are
observed (e.g., [6,12]).

Lake ecosystem functioning is influenced by length and complexity of food webs, which in
turn vary with environmental conditions. In this context, zooplankton plays a crucial role, linking
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primary producers to secondary consumers (e.g., zooplankton predators and fish) in a dynamic process,
affecting transfer of matter and energy through lake ecosystems.

Complexity of trophic interactions increases along with lake size: increasing area and depth allow
for increasing taxa and competitors, with a higher degree of specialization of predators to prey [13].

In the present study, we compared carbon and nitrogen isotopic signatures of zooplankton taxa
in five minor subalpine Italian lakes with different trophic status to outline some patterns already
observed in other natural and artificial lakes. We tested if the baseline and the role of different
zooplankton taxa vary depending on lake trophic status and size and along seasons.

2. Materials and Methods

2.1. Study Sites

Five Southern subalpine lakes located within the River Po catchment basin (Northern Italy) at an
altitude between 194 and 389 m a.s.l. (Figure 1 and Table 1) were selected as representative of different
trophic status (from the hypereutrophic lakes Pusiano and Comabbio to the oligotrophic Lake Mergozzo)
and size (from the small and shallow Lake Comabbio to the deepest and relatively large Lake Mergozzo).

All lakes, except Lake Moro, are located in anthropized areas, and the vegetation of all catchment
basin is composed by permanent meadows, softwood, and hardwood [14,15].

 

Figure 1. Satellite view of studied lakes (from Google Earth).

Table 1. Morpho-edaphic characteristics of studied lakes [16–19] (Ptot: total phosphorus).

Lake
Altitude
(m a.s.l.)

Geographic Coordinates
(Latitude Longitude)

Mixing
Regime

Volume
(106 m3)

Depthmax

(m)
Ptot

(μg L−1)

Mergozzo 194 45◦57′20” N
8◦27′52′′ E monomictic 83 73 1

Moro 389 45◦52′47” N
10◦09′25′′ E meromictic 4 42 8

Endine 334 45◦46′41” N
9◦56′22′′ E dimictic 12 9 17

Comabbio 243 45◦45′55” N
8◦41′37′′ E polymictic 16 8 72

Pusiano 259 45◦48′09” N
9◦16′17′′ E monomictic 69 24 74

The principal morpho-edaphic characteristic of the five lakes are reported in Table 1. All lakes,
except Lake Mergozzo, may be covered with ice during very cold winters. As in most temperate
lakes, the zooplankton community of these lakes is composed of cold and warm stenothermal and
eurythermal taxa (Table S1).
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2.2. Zooplankton Sampling and SIA

Zooplankton samples were collected at the deepest part of the lake during growing season in
spring (May) and late summer (September) 2004 by vertical hauls with a 126 μm light plankton nylon
net of 20 cm-diameter opening mouth and preserved in ethanol 95%. Crustacean zooplankton were
sorted by taxa in two replicates, oven-dried (60 ◦C for 48 h), finely ground, and transferred into tin
capsules. Because of different feeding habits of copepod developmental stages, we performed SIA
only on samples made up of adults and/or sub-adults of cyclopoids and diaptomids, respectively.
Depending on individual body weight, between 50 and 600 specimens were necessary to get 1 mg
d.w./replicate sample. Samples were sent to the G.G. Hatch Stable Isotope Laboratory of Ottawa
(Ottawa, ON, Canada) for SIA analyses (Continuous Flow Isotope-Ratio Mass Spectrometry for
δ13C, δ15N). Data were reported in delta (δ) notation, the units expressed as ‰ and defined as
δ = ((Rx − Rstd)/Rstd) × 1000, where R is the ratio of the abundance of the heavy to the light isotope,
x denotes sample and std is the abbreviation for standard. All δ15N was reported as ‰ vs. AIR and
normalized to internal standards calibrated to International standards IAEA-N1 (+0.4‰), IAEA-N2

(+20.3‰), USGS-40 (−4.52‰), and USGS-41 (47.57‰). All δ13C was reported as ‰ vs. V-PDB and
normalized to internal standards calibrated to International standards IAEA-CH-6 (−10.4‰), NBS-22
(−29.91‰), USGS-40 (−26.24‰), and USGS-41 (37.76‰).

On each date, Daphnia signatures identified lake-specific pelagic baseline, representing time-specific
signature of seston particles (in a range 1.2–50 μm), fueling the pelagic food web [5,6,8,12,20–22].
Taxa-specific signatures were referred to time-specific baseline signatures, allowing for tracing seasonal
changes of deeper vs. more surficial carbon sources and relative position in the food web.

Carbon isotopic distance with respect to baseline (ID = δ13Cconsumer − δ13Cbaseline) was used
to identify pelagic carbon sources (ID ≤ 0.8 ± 1.1) [2]. We calculated taxa-specific enrichment
(E = δ15Nconsumer − δ15Nbaseline) to infer trophic position of each taxa with respect to the baseline.

3. Results

Carbon and nitrogen isotopic signatures of baseline were lake and season-specific (Figure 2).
In spring, δ13C ranged between high depleted values (ca. −36 δ13C‰ in lakes Pusiano and Moro) and
the least depleted value of Lake Comabbio (−20 δ13C‰). In summer, δ13C signatures were less 13C
depleted than in spring in three out of five lakes, namely, Mergozzo, Pusiano, and Moro. An opposite
trend characterized the shallowest Lake Comabbio, with a more 13C depleted carbon signature in
summer than in spring. The lowest seasonal range of variation (of ca. 2 δ13C‰) was measured in
Lake Endine. In spring, more enriched baseline δ15N signatures characterized lakes Pusiano and
Moro, while Lake Mergozzo was the least enriched. In summer, nitrogen isotopic signatures were
less enriched than in spring in all lakes but Comabbio, in which no seasonal variation was measured.
Despite of the clear difference in the isotopic fingerprint of the baselines among lakes, we did not find
statistically significant correlations between them and morpho-edaphic characteristics.

Figure 2. Carbon and nitrogen isotopic fingerprint of the pelagic baselines (Daphnia) in spring (green)
and summer (red) in all lakes.
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In spring, cyclopoids and diaptomids were the most enriched with respect to the baseline
(Figures 3a and 4a,b). Marked differences were found among lakes δ15N signatures, while the range
of variation in δ13C was relatively small.

Lakes Pusiano and Moro lay on the top of the trophochemical graph, the former also characterized
by an almost complete overlapping of isotopic signatures of cyclopoids and diaptomids; in the latter,
cyclopoids were more enriched than diaptomids with respect to the baseline (respectively 5.47 δ15N‰
and 3.28 δ15N‰). In both lakes Pusiano and Moro, copepods were tightly linked with pelagic carbon
sources. In Lake Mergozzo, carbon sources of cyclopoids were clearly separated from the pelagic
isotopic signature, being more δ13C depleted than the baseline. In this lake, as in all others, cyclopoids
had the highest δ15N‰ in spring. Diaptomids were closely related to the cyclopoids for nitrogen
isotopic signature, and the enrichment with respect to the pelagic baseline was high (5.70 δ15N‰).
In Lake Endine, diaptomids and cyclopoids shared similar δ15N signatures, while being well separated
for δ13C signature: cyclopoids relying upon pelagic carbon sources, and diaptomids being more δ13C
depleted than pelagic baseline carbon signature. In Lake Endine, diaptomids appeared tightly related
to Bosmina, with respect to which they were δ15N‰ enriched of ca. 5. Enrichment of the cyclopoids
with respect to Daphnia was also high (4.06). Carbon fractionation between diaptomids and the
pelagic baseline is indicative of deeper food sources than those integrated by Daphnia and better
represented by Bosmina. The most distinct isotopic signatures were those of Lake Comabbio, in which
carbon signatures of diaptomids and of the pelagic baseline were the least depleted, while being δ15N
enrichment substantial (4.93), although lower than in Lake Mergozzo (5.70).

Figure 3. Trophochemical graph of zooplankton taxa signatures in spring (a) and summer (b). Error bars
represent the Standard Error. CYC: cyclopoids; DPT: diaptomids; DAP: Daphnia; BOS: Bosmina; DPH:
Diaphanosoma; BYT: Bythotrephes; LEP: Leptodora.

Differences among the lakes were clearer in summer, when the range of variation in carbon
signatures was larger than in spring, ranging between the least depleted taxa signatures from
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Lake Mergozzo to the most depleted taxa signatures of Lake Endine (Figure 3b). In the latter,
Diaphanosoma signatures fully overlapped the pelagic baseline. Diaptomids also relied on pelagic food
sources, although thanks to their nitrogen isotopic signature, they were the most enriched with respect
to the baseline (6.70; Figure 4a,b).

a 

b 

Figure 4. (a) Carbon isotopic distance (ID) of zooplankton taxa with respect to the baseline (Daphnia)
in the studied lakes. ID values ranging between −1.9 and +1.9 are highlighted by the grey bar;
(b) Nitrogen enrichment (E) of zooplankton taxa relying upon lake pelagic baseline (Daphnia). CYC:
cyclopoids; DPT: diaptomids; BOS: Bosmina; DPH: Diaphanosoma; BYT: Bythotrephes; LEP: Leptodora.

A full overlapping between Daphnia and Bosmina and a close similarity with Diaphanosoma
characterized Lake Endine’s summer signatures, where diaptomids were the most δ15N-enriched. In this
lake, between-season variation was the least for both carbon and nitrogen signatures. Intermediate carbon
signatures characterized lakes Moro and Comabbio. Lake Mergozzo’s zooplankton signatures were on the
right and bottom part of the trophochemical graph. In this lake, Diaphanosoma was clearly separated from
Bosmina and from the Daphnia pelagic baseline, being characterized by the least δ13C-depleted signature.
Leptodora was δ15N enriched with respect to Diaphasomoma, sharing a carbon signature intermediate
between those of Daphnia, Diaphanosoma, and Bosmina. On the other side, isotopic signature of Bythotrephes
was consistent with those of Daphnia (representing the pelagic carbon baseline), with δ15N-enrichment
of 3.08. In this lake, the cyclopoids were clearly separated from all other taxa and from the pelagic
baseline, being carbon signature highly depleted (δ13C = −28.30) and nitrogen signature highly enriched
(δ15N = 7.24).

Changes in time in C isotopic values of the baseline were substantial, ranging between most
13C-depleted values in spring to least depleted values in summer (extremes being −36.74‰ of cyclopoids
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in Lake Moro in spring and −20.46 of Bosmina in Lake Mergozzo in summer; Table S2). The least
δ13C-depleted signature was measured in Lake Comabbio, in which a large variability in δ15N signature
was measured in the diaptomids. Least depleted summer carbon isotopic signatures were measured in all
lakes but Endine, where temporal variations of all taxa were very small. In Lake Mergozzo, within time
variation in diaptomids’ carbon isotopic signature was wider than that of Daphnia, but as in most lakes,
variability in δ15N was very small.

4. Discussion

Carbon and nitrogen stable isotope signatures are lake-specific. In deeper lakes, more depleted
carbon signatures are expected than in shallower ones; lakes with a higher trophic status are usually
more enriched in δ15N than those with a lower trophic status [9–11].

Our dataset spanned from the shallowest Lake Comabbio to the deepest Lake Mergozzo,
also including the small and relatively deep Lake Moro, which is characterized by cold waters.
The dataset also comprised the oligotrophic Lake Mergozzo and the hypereutrophic Lake Pusiano,
thus covering a wide range of lake trophic status. Our results confirm some general patterns.
In the deep subalpine Lake Mergozzo, seasonal changes in taxa-specific signatures were consistent
with those observed in other deep subalpine lakes, such as Lake Maggiore [12]. With summer
thermal stratification, carbon signature of the pelagic baseline tends towards less 13C depleted values.
This observation probably reflects changes in phytoplankton isotopic signature [21]. Phytoplankton,
during growth season, exhibits δ13C values less negative, because of reduced isotopic carbon
fractionation at high cell densities and/or a shift on exploitation of HCO3

− as carbon source instead of
CO2 [21–31]. Daphnia, being an unselective filter-feeder integrates seston particle up to a size fitting
the intersetular distance of filtering combs, in turn depending on Daphnia body size. In deep subalpine
lakes, seston ≤50 μm is mainly composed by phytoplankton algal cells [32]. Carbon fractionation with
respect to seston is therefore negligible, and seasonal changes in Daphnia carbon signature entirely
overlap those of phytoplankton, thus providing a reliable pelagic baseline [6,8,33–35]. Changes in
carbon baseline signature with thermal stratification in turn reflect changes in taxa composition and
carbon dynamics of phytoplankton in the upper water layers [6,20,21].

According to this interpretation, also in lakes Pusiano and Moro, summer thermal stratification
led to increased contribution of the upper layers to phytoplankton production in summer.
In Lake Comabbio, and to a lesser extent in Lake Endine, such change is not confirmed, the summer
carbon signature of both Daphnia pelagic baseline and the diaptomids being more δ13C depleted
than in spring. Such opposite pattern is consistent with a recruitment of Daphnia cucullata and of
Eudiaptomus padanus from the lake littoral, characterized by less negative carbon values (e.g., [36]), into
the lake profundal during spring. Horizontal migration of zooplankton has been well documented in
a number of cases, such as Eudiaptomus padanus in the deep nearby Lake Maggiore [36].

Very close or overlapping carbon and nitrogen signatures of primary consumers, such as Bosmina
and Diaphanosoma, suggest the exploitation of the same food sources in Lake Endine, particularly in
summer. In Lake Mergozzo, isotopic signatures suggest that Diaphanosoma, Daphnia, and Eudiaptomus
have a very similar trophic role, with Bosmina being well separated from the other three zooplankton
taxa, clearly relying upon more superficial (or more littoral) carbon sources. The least δ13C-depleted
signature, in fact, is indicative of warmer waters or littoral sources. Spatial and temporal variations in
carbon and nitrogen isotopic signatures in different compartments of a single lake were assessed by
former studies [37,38]. Previous research on Lake Maggiore demonstrated that littoral carbon isotopic
signature follows the same pattern as pelagic carbon with increasingly less depleted 13C values in
summer than in spring, the shift being responsible for a clear separation of littoral with respect to
pelagic isotopic fingerprint [6,12].

Previous work on Lake Maggiore [6,12] suggested a relatively narrow range of carbon isotopic
signature of cyclopoids, along with a clear separation from summer pelagic signature. The two peculiar
traits are interpreted as a clear specificity of habitat and food selection [37]. Our dataset only partially
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confirms these two traits: while separation with respect to summer pelagic carbon is confirmed in
lakes Moro and Mergozzo, such is not the case in lakes Pusiano and Endine, where cyclopoids do not
show differences with respect to pelagic carbon signature in summer. Seasonal variability of carbon
signature was small in lakes Endine and Moro, while being very large, almost comparable to that
of the unselective filter-feeder Daphnia, in the other lakes. Different taxa may contribute along the
season to the cyclopoids: in Lake Pusiano, where variability was the largest, three species have been
reported, namely Cyclops abyssorum, Mesocyclops leuckarti, and Thermocyclops hyalinus. Previous studies
have suggested interspecific differences of cyclopoid copepod species in the exploitation of food sources
(e.g., [38,39]) and their relative trophic position [37]. Moreover, while Cyclops is known to grow
and reach maximum density during cold months, the other two species tend to increase during the
warm season. Such a strong seasonality explains the wide range of variability in carbon signature
measured in this lake. The same explanation can be recalled for Lake Mergozzo, where a transition
between C. abyssorum and the smaller-sized M. leuckarti and Mesocyclops hyalinus is known to occur in
summer [40,41]. Δ15N enrichment confirms some traits found in other lakes, independently from their
size, typology, and trophy. In particular, cyclopoids were the most enriched in all but Lake Endine, in
which the diaptomids were more enriched than the cyclopoids [20]. The small seasonal variability of δ15N
signature also suggests a small plasticity in trophic position in all lakes but Pusiano, the hypereutrophic
lake. In this lake, the cyclopoids relied upon the pelagic signature also in summer.

5. Conclusions

Isotopic signatures can be regarded as fingerprints of lake ecosystems, integrating site-specific
traits related to lake trophy and typology. According to our results, some traits, such as the trend
toward less depleted 13C and less enriched 15N signatures in summer than in spring, were confirmed,
although with some exceptions. While in thermally stratified lakes, such a transition was detected,
in the shallowest, Lake Comabbio, the prevalence of a horizontal gradient was likely responsible
for the opposite pattern. On the other hand, while the hypereutrophic Lake Pusiano was the most
δ15N enriched as expected, substantially high levels of δ15N signature were also detected in the small,
oligotrophic, and deep Lake Moro, the coldest lake among those analyzed.

Our results overall confirm the importance of taxa-specific analyses within zooplankton
community, which is essential for understanding trophic relationships, changes in habitat, and carbon
sources fueling the pelagic food web.
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Abstract: We examined fossil Cladocera (Crustacea) communities and their functional assemblages
in a ~60-year sediment record from Lake Maggiore, northern Italy. Our main objective was to
document the response of aquatic community functioning to environmental stress during eutrophication
(1960–1985) and recovery (post-1985), and to identify environmental controls on cladoceran functionality.
Of the functional groups, large filter feeders and oval epibenthos thrived prior to eutrophication (reference
conditions pre-1960) and globular epibenthos and small filter feeders increased during eutrophication
and as the lake recovered. Multivariate analyses suggested that bottom-up controls (i.e., total phosphorus)
were important for shaping functional assemblages but taxonomic community changes were likely
related to top-down control by predators, particularly the predaceous cladoceran Bythotrephes longimanus.
Functional diversity (FD) was higher and Daphnia ephippia length (DEL) larger during the reference
and early eutrophication periods and decreased during eutrophication and recovery. Both FD (high)
and DEL (large) were distinct during reference period, but were similar (FD low, DEL small) between
the eutrophication and recovery periods. The functional attributes and the assemblages did not recover
post-eutrophication, suggesting that the system exhibited a clear shift to low FD and dominance of small
filterers. Cladoceran functionality appears to be related to fundamental ecosystem functions, such as
productivity, and may thus provide insights for long-term changes in ecological resilience.

Keywords: biodiversity; environmental change; fossil Cladocera; functional diversity; paleolimnology;
ecological resilience; subalpine lakes

1. Introduction

Nutrient enrichment of freshwaters is a worldwide challenge [1]. In combination with intensified
climate warming, these anthropogenic changes threaten aquatic biodiversity and ecosystem services [2,3].
Ecological communities and their responses to environmental stressors, such as eutrophication in aquatic
systems, can be investigated with a functional approach, where interest is put on species’ ecological roles.
For example, feeding traits, habitat preferences, reproduction, or morphological attributes (e.g., body size)
can reflect certain ecological functions [4]. The concept of functionality in ecological communities allows
a comprehensive understanding of how environmental changes alter ecosystems through biological
functions rather than just taxonomic composition [5]. This kind of mechanistic approach on aquatic
systems may reflect important ecosystem level processes, for example, changes in productivity and
trophic structure of lakes. In the functional approach, functional diversity (FD) is a biodiversity measure,
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which takes into account the variety of biological functions of species and may allow for a more holistic
understanding of environmental changes and ecosystem responses [4,6].

With major losses in global biodiversity [7], paleolimnological data sets can aid our understanding
of the relationships among functional diversity and ecosystem productivity, climate change, and trophic
dynamics [8–10]. Since key members of aquatic communities (or their traces) are preserved as fossils in
lake sediments, paleolimnology can be used to evaluate ecosystem functions and ecological resilience
in lakes. Further, lake sediment archives are advantageous for functional classification and ecosystem
level responses to environmental changes, because time lags often prevent detection during short-term
observations [11,12].

Here, we continue the application of paleolimnological research on Lake Maggiore in northern
Italy (Figure 1) to investigate the lake as a “natural laboratory” with its well-documented history
of eutrophication and re-oligotrophication during the last century. This subalpine lake is Italy’s
second largest and deepest lake and part of the long-term limnological monitoring in Europe [13].
Naturally oligotrophic and phosphorus-limited Lake Maggiore eutrophied in the 1960s as a result of
nutrient loading from the catchment and wastewater discharge [14,15]. Phosphorus concentrations
started to increase and the peak of nutrient enrichment occurred during the late 1970s when total
phosphorus at winter mixing (TPmix) was 31 μg L−1 and the lake became mesotrophic (Figure 2).
After that, due to enhancements in wastewater treatment, recovery of the lake proceeded and TP
decreased back to oligotrophic levels (~10 μg L−1) during the early 1990s. Previous research on Lake
Maggiore plankton has indicated that the aquatic communities are highly responsive to nutrient status,
trophic dynamics, and climate [15–18]. For example, Lake Maggiore zooplankton has exhibited major
changes in taxonomic composition, body size, and population density under eutrophication and
re-oligotrophication [15,17,18].

 

Figure 1. (a) Location of Lake Maggiore in northern Italy (gray dot) and (b) location of the sediment
core sampling site in the Pallanza Basin of Lake Maggiore (black dot), where the shades of gray represent
bathymetric details (light gray < 100 m, mid gray 100–300 m, and dark gray > 300 m water depth).

The aim of the current research was to examine responses to eutrophication and the subsequent
limnological recovery of Lake Maggiore by the cladoceran communities. We analyzed fossil cladoceran
communities for their taxonomic composition, functional characterization, and functional attributes of
FD and Daphnia ephippia length (DEL) in a sediment core covering the years of pre-eutrophication,
eutrophication and recovery (1944–2010). We aimed to identify the main environmental forcings on the
long-term succession of cladoceran communities, functional assemblages, and functional attributes,
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and discuss the roles of bottom-up versus top-down controls in ecosystem functioning during the
eutrophication and re-oligotrophication of Lake Maggiore.

 

Figure 2. Real time observations in the long-term changes in Lake Maggiore total phosphorus at winter
mixing (TPmix, since 1976), chlorophyll-a concentration (Chl-a, since 1978), pelagic fish catch (since
1979), Bythotrephes longimanus abundances (1979–2008) and water temperature of the euphotic zone
0–20 m (T0–20m, since 1981). These data are previously partly published [15,18].

2. Materials and Methods

A modified Wilco box corer (liner internal surface area 28 cm2, shaft depth 50.5 cm) was used to collect
a 34-cm core in the Pallanza Basin of Lake Maggiore (45◦54.76 N, 8◦32.96 E, z = 98 m) on 11 February 2010
(Figure 1). The intact core was stored dark at 4 ◦C until processing. The core was vertically sliced at 1-cm
intervals and the outer edge of each segment was discarded. A 10 g subsample was removed from each
interval for 137Cs dating at University of Applied Sciences (Holland). Increases in the 137Cs activity were
interpreted as increased fallout of 137Cs from nuclear activity (Figure 3a). An age–depth model was created
by interpolating the surface sediment sample (0 cm, year 2010), increased 137Cs activities of Chernobyl
fallout (1986) at 14 cm, and the nuclear weapons testing horizon (1963) at 25 cm (Figure 3b). As the model
is based on constant sedimentation rate between these time horizons it should be interpreted cautiously.

57



Water 2018, 10, 86

 

Figure 3. (a) 137Cs activity and (b) an age-depth model for the Lake Maggiore sediment core. Peak activities
of Chernobyl nuclear disaster (year 1986) and nuclear weapon testing (1963) are indicated.

The remaining portion of each sediment interval was prepared for fossil Cladocera analysis
following the standard methods [19]. First, the samples were heated in 10% KOH to deflocculate
sediment and then sieved through a 76-μm mesh, which is adequate to retain cladoceran zooplankton
fossil remains and the remains of smallest taxa of Chydoridae (e.g., Alonella nana and Coronatella
rectangula, Table 1). The residue was stained pink with safranine. The fossil Cladocera remains
(carapaces, headshields, postabdomens and ephippia) were identified and enumerated with a light
microscope (magnifications 100–400X) and the most abundant body part was chosen to represent
the number of individuals of each species. A minimum of 100 fossil individuals were counted from
each subsample. Relative abundances of individual taxa were used to determine the community
composition in the core samples. In addition, to examine functional characterization of the community
(i.e., functional assemblages) taxa were assigned to the groups (Table 1): predators, large filter
feeders, small and intermediate filter feeders (hereafter small filterers), globular epibenthos, and oval
epibenthos based on a previous functional grouping of Cladocera [10]. Size (i.e., body length) from
base to apex (spine excluded) of encountered fossil Daphnia ephippia was measured with a Zeiss
microscope at 100X magnification equipped with a camera and analyzed with Image pro express
5 software to estimate the mean Daphnia ephippia length (DEL). Ephippia were measured from 32
sediment samples and number of size measurements per sediment subsection varied from 1 to 73
(mean 13).

Principal component analysis (PCA) was used to summarize temporal succession of cladoceran
taxonomic communities (compositional gradient <1.5 SD, standard deviation units) and functional
assemblages (<1.0 SD). The response data were square root transformed for PCA. In addition,
redundancy analysis (RDA) was used to analyze relationships between functional assemblages
and cladoceran taxonomic communities and limnological variables during the period of continuous
environmental monitoring (since 1978). Chlorophyll-a concentration (chl-a), total phosphorus at winter
mixing (TPmix), water temperature of the euphotic zone 0–20 m (T0–20m), Bythotrephes longimanus
abundance, and total pelagic fish catch were included as environmental variables (Figure 2).
Environmental variables were forward selected and the significance (p ≤ 0.05) of each variable was
tested with Monte Carlo permutations (999). Cladoceran functional diversity (FD) was evaluated with
Rao’s FD index [20], i.e., Rao’s quadratic entropy. For the index, each cladoceran taxa was assigned
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with qualitative functional character including body size (small < 500 μm, intermediate 500–1000 μm,
large > 1000 μm), body shape (elongated, oval, globular), feeding type (filterer, scraper-detritivore,
predator) and microhabitat (pelagic, benthic, attached to vegetation, Table 1) [10]. This characterization
was based on ecological data available for cladoceran taxa [21,22] and the characters were inserted
as functional character present (1) and absent (0). Multivariate analyses (PCA and RDA) and
analysis of FD were performed with Canoco 5 software [23]. Tukey’s pairwise comparisons were
utilized to indicate differences in FD and DEL during the reference (pre-1960), eutrophication
(1960–1985), and recovery (post-1985) periods. These analyses were performed with PAST software [24].
Segmented regression analysis was utilized to detect statistically significant breakpoints (minimum
confidence level of 95%) in FD and DEL. The best breakpoint was selected based on maximizing the
statistical coefficient of explanation and performing tests of significance with SegReg program [25].

Table 1. Functional characterization of cladoceran taxa (indicated with asterisks) encountered from
Lake Maggiore sediment core based on body size (S = small, M = intermediate, L = large), body shape
(G = globular, O = oval, E = elongated), feeding type (F = filterer, S-D = scraper-detritivore, P = predator,
including parasitism), and habitat (P = pelagial, B = benthic, V = vegetation) and their functional
grouping (FG) used in Figure 4. Among each functional group, the taxa are listed according to their
mean relative abundance from the most abundant at the top.

Body Size Body Shape Feeding Type Habitat

S M L G O E F S-D P P B V FG

Leptodora kindtii * * * * Predator
Sida crystallina * * * * * Large filterer

Daphnia longispina-type * * * * Large filterer
Eubosmina longispina-type * * * * Small filterer
Eubosmina coregoni-type * * * * Small filterer

Bosmina longirostris * * * * Small filterer
Chydorus cf. sphaericus * * * * * Globular epibenthos

Paralona pigra * * * * Globular epibenthos
Pleuroxus uncinatus * * * * * Globular epibenthos
Monospilus dispar * * * * Globular epibenthos

Alonella excisa * * * * * Globular epibenthos
Pleuroxus trigonellus * * * * * Globular epibenthos

Alonella exigua * * * * Globular epibenthos
Alonella nana * * * * * Globular epibenthos

Anchistropus emarginatus * * * * * Globular epibenthos
Alona affinis * * * * * Oval epibenthos

Alona quadrangularis * * * * Oval epibenthos
Acroperus harpae * * * * * Oval epibenthos
Eurycercus spp. * * * * * Oval epibenthos

Alona guttata * * * * * Oval epibenthos
Camptocercus rectirostris * * * * * Oval epibenthos

Disparalona rostrata * * * * Oval epibenthos
Peracantha truncata * * * * * Oval epibenthos

Coronatella rectangula * * * * * * Oval epibenthos
Alona intermedia * * * * * Oval epibenthos

Graptoleberis testudinaria * * * * Oval epibenthos
Pleuroxus laevis * * * * * Oval epibenthos

Alona rustica * * * * * Oval epibenthos
Alona guttata f. tuberculata * * * * * Oval epibenthos

Rhyncotalona falcata * * * * Oval epibenthos
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Figure 4. Relative abundances of most abundant fossil cladoceran taxa and functional groups in Lake
Maggiore sediment core. The horizontal lines define the reference (pre-1960), eutrophication (1960–1985),
and recovery (post-1985) periods.

3. Results

We detected 30 cladoceran taxa in the Lake Maggiore sediment core (Table 1). The most abundant
taxa were Bosminidae, including Eubosmina longispina-type (n = 34, mean percent abundance 63.5%),
Eubosmina coregoni-type (n = 26, 5.7%), and Bosmina longirostris (28, 2.6%) and Chydoridae (chydorids),
including Chydorus cf. sphaericus (n = 31, 11.3%) and Alona affinis (n = 34, 6.7%). In the early core (until
1960s; reference period) the communities were dominated by A. affinis and E. longispina-type (~60%)
together with lower abundances of B. longirostris, Leptodora kindtii, Sida crystallina and several less
common chydorids (e.g., Alona quadrangularis, Paralona pigra, Eyrycercus spp. and Acroperus harpae;
Figure 4). Chydorus cf. sphaericus started to increase in the early 1960s and reached maximum
abundance (~40%) and dominance during early 1970s. Bythotrephes longimanus, which were abundant
in zooplankton samples starting in the 1990s (Figure 2), were not detected in the fossil community
(Table 1). In functional assemblages, succession proceeded from oval epibenthos during pre-1960s to
globular epibenthos (~40–50%) between 1960 and 1975, and small filterers (80–90%) after that until the
top core (Figure 4). Predators and large filterers were scarce (<10%) and occurred mostly prior to 1960s.

PCA for cladoceran taxonomic communities resulted in eigenvalues 0.514 for PCA axis 1 and
0.217 for PCA axis 2. Cumulative percentage of variance explained by the PCA were 51.4% and
73.2% for PCA axes 1 and 2, respectively. Samples in the reference period (pre-1960) had positive
PCA axis 1 scores with increasing PCA axis 2 scores (Figure 5a). Samples from the eutrophication
period (1960–1985) had reducing scores along PCA axes 1 and 2. Recovery period samples (post-1985)
clumped together at the negative end of PCA axis 1. PCA for functional assemblages had eigenvalues
of 0.763 for PCA axis 1 (cumulative % of variance 76.3) and 0.169 for axis 2 (93.2%). Sample scores
drifted from positive axis 2 values to negative prior to 1960 and from positive to negative axis 1 values
during eutrophication (Figure 5b). Most recent samples of the recovery period had negative axis 1
values and close to zero axis 2 values.

RDA for functional assemblages resulted in eigenvalues 0.222 for RDA axis 1 and 0.1585 for axis 2
and all the environmental variables explained 40.6% of the variance in the assemblages. RDA identified
TPmix (38.3%) as the single significant (p < 0.05) environmental factors explaining variance in functional
assemblages (Table 2). RDA for taxonomic communities resulted in eigenvalues 0.2158 and 0.0778 for
axes 1 and 2, respectively and forward selection did not results in any statistically significant results
(Table 2). Bythotrephes longimanus abundances, however, explained most variance in the communities
with 33.4% (p = 0.0600).
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Figure 5. Principal component analysis (PCA) ordination diagrams for (a) cladoceran communities
and (b) functional assemblages, where white symbols = reference period (pre-1960), gray symbols
= eutrophication period (1960–1985), and black symbols = recovery (post-1985). The top (0 cm) and
bottom (34 cm) samples of the core are marked, the black lines connect sample points chronologically,
and the arrows indicate the direction of change.

Table 2. Forward selection statistic (% explained, F- and p-values) of environmental variables (see
abbreviations in Figure 2) in redundancy analysis (RDA) applied separately for cladoceran functional
assemblages and taxonomic communities (and percentage of variance explained by all environmental
variables) in Lake Maggiore since the period of continuous environmental monitoring. Most significant
environmental variables are marked in bold type.

Functional Assemblages
(40.6% Explained by All Var.)

Taxonomic Communities
(38.7% Explained by All Var.)

TPmix 38.3% (F = 2.58, p = 0.039) 13.2% (F = 0.85, p = 0.515)
Chl-a 23.7% (F = 1.67, p = 0.183) 12.2% (F = 0.77, p = 0.569)

Bythotrephes 19.6% (F = 1.43, p = 0.247) 33.4% (F = 2.13, p = 0.060)
T0–20m 16.0% (F = 1.19, p = 0.327) 20.3% (F = 1.33, p = 0.220)

Fish 2.35% (F = 0.16, p = 0.954) 20.9% (F = 1.23, p = 0.242)

FD varied between 1.7 and 3.2 in Rao’s FD index (Figure 6). The highest FD occurred in the early
core until 1960 after which FD decreased until the early 1980s. FD increased slightly between 1990
and 2000 but was reduced post-2000. DEL measurements varied between 470 and 690 μm (Figure 6).
DEL was largest (~650 μm) in the early to mid-core until 1970s and then started to decrease and
remained consistent (~550 μm). Tukey’s test indicated significant differences in FD and DEL between
reference and eutrophication periods, and reference and recovery periods (Table 3). No significant
differences in FD or DEL were found between eutrophication and recovery periods. SegReg identified
single significant breakpoints for FD at 15.64 cm (early 1980s) and DEL at 20.14 (early 1970s, Figure 6).

Table 3. Tukey’s pairwise comparisons (Q-value, p-values in brackets) of cladoceran functional diversity
(FD) and mean Daphnia ephippia length (DEL) between periods of recovery (pre-1960), eutrophication
(1960–1985), and recovery (post-1985). Statistically significant differences are marked in bold type.

Recovery Eutrophication Reference

Recovery - [DEL] 1.965 (0.360) [DEL] 7.828 (<0.001)
Eutrophication [FD] 3.371 (0.059) - [DEL] 5.863 (<0.001)

Reference [FD] 11.23 (<0.001) [FD] 7.863 (<0.001) -
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Figure 6. Cladoceran functional diversity (FD) and mean Daphnia ephippia length in the Lake Maggiore
sediment core. The horizontal lines define the reference (pre-1960), eutrophication (1960–1985), and recovery
(post-1985) periods, and the dashed horizontal lines represent segmented regression breakpoints.

4. Discussion

Bottom-up (food, habitats) and top-down (predators) controls drive cladoceran communities in
Lake Maggiore, based on trophic dynamics inferred from sediments dating from 1943 to 2002 [17].
Here we present more refined functional analysis and include the most recent decade of fossil records
(1944–2010). Cladoceran communities succeeded from Alona affinis to Chydorus cf. sphaericus, and later
to Eubosmina longispina-type dominance with a functional shift from large filterers (e.g., Sida, Daphnia)
and oval epibenthos (e.g., A. affinis) to globular epibenthos (C. cf. sphaericus) and most recently to
small filterers (Eubosmina, Figure 4). The biotic changes occurred gradually and even prior to the
eutrophication as small filterers and epibenthos exhibited shifts prior to 1960s but predators and large
filterers responded promptly at ~1960 (Figure 4). This suggests that there was a difference in timing of
the response among the functional groups and species, likely related to changed resources just prior
to major nutrient loading. The PCAs indicated a clear temporal shift in the taxonomic communities
and functional assemblages through the reference–eutrophication–recovery phases with a new stable
state during the recent years of re-oligotrophication (Figure 5). The opposite drift of PCA axis 2 scores
in taxonomic (from negative to positive scores, Figure 5a) and functional assemblages (from positive
to negative, Figure 5b) during the reference–early eutrophication may suggest that diverse control
mechanisms drove changes in taxonomic vs. functional communities. In agreement, RDA forward
selection statistics suggest that functional assemblage shifts were associated with bottom-up controls
(Table 2), since they were mainly predicted by TPmix during the time period of the core covered by
limnological monitoring (since late 1970s, Figure 2). Taxonomic communities were best explained,
although only marginally significant, with top-down control, i.e., Bythotrephes abundance (Table 2).
Bythotrephes is known to regulate zooplankton, especially Daphnia as its main prey item, in Lake
Maggiore and impact their distribution, abundance and phenology [18,26,27].

In general, caution should be taken when applying the ecological patterns reported here as whole-lake
patterns, as the current sediment core was sampled from the Pallanza Basin (Figure 1). Nevertheless,
the trends reported here are consistent with the previous research from another core [17]. Fossil remains
(e.g., mandibles, caudal spines, resting eggs) of Bythotrephes longimanus, although abundant in zooplankton
samples in Lake Maggiore (Figure 2, also in the Pallaza Basin), were not detected from the current core
(Table 1) or in the previous sediment-based research [17] and the reason for that remains unexplained.
Typically, Bythotrephes remains (caudal spines and sometimes resting eggs) are well recovered from
sediments and their accumulation has been used to estimate presence and abundance [28–31]. Bythotrephes
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remains have been found from sediments in large and deep subalpine lakes, such as Lake Garda in northern
Italy [32], in similar type of geo-limnological settings than Lake Maggiore. The use of a larger (76-μm) than
the commonly used ~50-μm sieve [19] for processing sediment samples for fossil cladoceran analysis in the
current study is not a reasonable explanation for the lack of Bythotrephes remains, since the previous studies
have used even a 250-μm aperture sieve [28–30]. Accordingly, it may be that the sediment sampling site
in the Pallanza Basin was not a representative location for Bythotrephes fossils to preserve. It is further
possible that some still unidentified limnological factor in Lake Maggiore prevents Bythotrephes fossils for
preserving in the sediments.

Functional assemblages of the Lake Maggiore core succeeded from epibenthos to small filterer
dominance during the eutrophication and re-oligotrophication (Figure 4). Globular epibenthos
increased in conjunction with eutrophication succession around 1970s. This group is mainly formed by
a single dominant taxon (C. cf. sphaericus), whose feeding is characterized by fine-mesh filtering [33].
It is adapted to diverse resources of detrital food (detritus and attached microbes) and pelagic habitats
under eutrophic conditions [34,35] and has been reported to occur at high abundances during
the eutrophication period of Lake Maggiore [17]. A stable functional phytoplankton community
dominated by large-celled groups was present during the late eutrophication and early recovery [15].
Clear responses of the phytoplankton communities to reduced nutrients started to occur during late
1980s when small-sized phytoplankton groups increased in the lake [15]. The functional succession in
Lake Maggiore zooplankton toward small planktonic filterers (i.e., Eubosmina) may have been partly
related to the more efficient grazing of these small sized planktonic cladocerans under low-density
food conditions [36,37], i.e., oligotrophic conditions. However, relying on the current chronology
(Figure 3), functional assemblages of Cladocera responded earlier than the phytoplankton (late 1980s) to
nutrient reductions as small filterers increased already during the early 1980s (Figure 4) [15]. Therefore,
it is likely that the shifts in functional assemblages in Lake Maggiore were also affected by varying
vulnerability of different functional groups to predation and were partly driven by top-down controls,
although not identified by the RDA (Table 2). Pelagic fish abundances increased in the early 1980s
(Figure 2) and fish tend to prey on largest and most visible prey [38] fitting with the increase of small
filterers in Lake Maggiore.

We detected a significant breakpoint in FD during the early 1980s (segmented regression breakpoint,
Figure 6), which occurred in conjunction with the lowering trend in TPmix at the turn of the decade
(Figure 2). FD started to decline during the 1960s under eutrophication, whereas it was highest during
the pre-eutrophication period suggesting a negative relationship between lake productivity and FD
(Figure 6). Contrasting results were found from small and shallow boreal lakes in Finland [10], where FD of
cladocerans experienced a long-term positive relationship with eutrophication until mesotrophic conditions
(TP ~40–60 μg L−1). The cause for such a positive relationship was apparently diversifying niche
space in both pelagic and littoral habitats until mesotrophic conditions, but after which deterioration
of littoral-benthic resources reduced FD [10]. A different niche space pattern (i.e., high niche space
during low productivity and vice versa) may explain the negative FD–productivity relationship in Lake
Maggiore during the eutrophication. This variable pattern is likely related to divergent habitat diversity
dynamics in large and deep subalpine vs. small and shallow boreal lakes. For example, the littoral
zones, with highest and most diverse niche space, of deep and steep basin morphology and transparent
oligotrophic waters of Lake Maggiore may reduce rapidly by even slight changes in primary production and
consequent changes in the euphotic zone depth. There exists a positive zooplankton FD–ecosystem function
relationship in experimental systems [39] and, despite the geographical differences, the paleolimnological
evidence from natural lake ecosystems and cladoceran fossils support the FD–ecosystem function
(e.g., productivity) relationship.

The current DEL data series of Lake Maggiore can be considered to represent an estimate of
a mean Daphnia ephippium size in the past. It should be interpreted with caution because ephippia
were absent or scarce in some sediment samples because Daphnia was mostly parthenogenetic during
the mesotrophic status in Lake Maggiore (M. Manca, unpublished data). DEL was larger during
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the pre-eutrophication conditions and reduced under eutrophication and was separated by a clear
threshold in the early 1970s (segmented regression breakpoint, Figure 6). The limnological monitoring
does not extend continuously back to 1970s but TPmix > 30 μg L−1 were recorded during the late 1970s
(Figure 2). Previously, it has been suggested that Daphnia body size decreases during eutrophication
and increased abundance of planktivorous fish [40] fitting well with the Maggiore DEL data. From the
bottom-up point of view, DEL development and its reduction was likely related to changes in food
quality for Daphnia under oligotrophic conditions and competition with Bosminidae that are better
adapted to low food levels and small-sized phytoplankton [36,37]. However, the breakpoint in DEL
does not match with the planktonic rearrangement that took place in Maggiore during the 1980s [15]
but precedes it with almost a decade suggesting that DEL was likely under top-down control.

Paleolimnological records on FD are valuable, but scarce, to understand ecosystem function–
environmental stress interconnections and tipping points [10,12]. In connection with ecosystem
function, the use of FD indices can indicate ecosystem resilience under environmental perturbations,
such as eutrophication or climate warming. Since our Lake Maggiore core did not reach actual
pre-disturbance conditions before any significant human impact, it is difficult to assess the natural level
and fluctuation of FD as fish introductions started already in the 19th century. There was a regime shift
visible in functional assemblages and attributes in the current record around 1980, suggesting a shift in
ecosystem status that was evident also in the environmental data with reductions in primary production
(Figure 2) and planktonic algal communities [15]. This was evident for cladoceran communities
described in previous investigations, where a completely new community composition prevailed after
eutrophication [17]. The functional assemblages have yet to return to pre-eutrophication conditions
and the functional changes appear to be irreversible. In combination, FD and DEL did not return to
pre-eutrophication high values and did not differ significantly during eutrophication and recovery
phases (Figure 6, Table 3) suggesting that, despite reduced nutrient status, diversity and ecosystem
functioning exhibited a new state.

The observed changes in functional attributes (Figures 4 and 6), even though principally explained
by productivity in Lake Maggiore, may also include a signal of climate-induced shifts. Climate change
may be difficult to decouple from those of eutrophication and re-oligotrophication in Lake Maggiore
since some previously reported functional changes, e.g., dominance of smaller phytoplankton can
also be explained by warming lake water in addition to re-oligotrophication [15], and these two
environmental changes overlap temporally. Previous results from high alpine lakes have shown that
limnological consequences of climate warming, e.g., deepening of thermocline and increasing water
temperature may induce functional changes in cladocerans and reduce their FD [12]. Accordingly,
thermal changes in the water column of Lake Maggiore, e.g., increasing epilimnetic water temperatures
(Figure 2) or deeper thermocline, may be, at least in part, responsible for the functional changes,
e.g., increase and dominance of small filter feeders and low FD.

In conclusion, FD and DEL had negative relationships with nutrient status in Lake Maggiore during
the eutrophication and re-oligotrophication. A threshold was reached around 1980–1985 when cladoceran
functionality changed resulting in higher abundance of small-sized planktonic grazers and lower FD and
decreased DEL. Long-term development of FD was controlled mainly by bottom-up drivers and is therefore
related to ecosystem functioning, i.e., productivity. More spatial and long-term temporal paleolimnological
data is required to understand the phenomenon comprehensively. For example, understanding whether
the observed pattern in FD and in-lake production is common only during anthropogenic eutrophication
process and in large subalpine lakes or if such relationship exists among a geographically wider set of lakes
and under natural lake ontogenic development.
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Abstract: Drinking water safety is increasingly perceived as one of the top global
environmental issues. Plankton has been commonly used as a bioindicator for water quality in
lakes and reservoirs. Recently, DNA sequencing technology has been applied to bioassessment.
In this study, we compared the effectiveness of the 16S and 18S rRNA high throughput sequencing
method (HTS) and the traditional optical microscopy method (TOM) in the bioassessment of drinking
water quality. Five stations reflecting different habitats and hydrological conditions in Danjiangkou
Reservoir, one of the largest drinking water reservoirs in Asia, were sampled May 2016. Non-metric
multi-dimensional scaling (NMDS) analysis showed that plankton assemblages varied among the
stations and the spatial patterns revealed by the two methods were consistent. The correlation
between TOM and HTS in a symmetric Procrustes analysis was 0.61, revealing overall good
concordance between the two methods. Procrustes analysis also showed that site-specific differences
between the two methods varied among the stations. Station Heijizui (H), a site heavily influenced
by two tributaries, had the largest difference while station Qushou (Q), a confluence site close to
the outlet dam, had the smallest difference between the two methods. Our results show that DNA
sequencing has the potential to provide consistent identification of taxa, and reliable bioassessment
in a long-term biomonitoring and assessment program for drinking water reservoirs.

Keywords: Danjiangkou Reservoir; plankton; high throughput sequencing; generalized procrustes
analysis; bioassessment

1. Introduction

Clean freshwater resources are becoming increasingly scarce globally [1–4]. Due to climate
change, economic development and population growth, approximately four billion persons of the
world’s population are facing severe water scarcity, with nearly half of them living in India and
China [1,5]. Drinking water security may substantially hamper the sustainable development of
humanity, particularly in developing countries. To better protect and manage diminishing freshwater
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resources, researchers have developed and tested multiple biological indices for assessing water
quality and the ecological integrity of aquatic ecosystems since biological assemblages provide a direct
measure of the aquatic ecosystems’ conditions [6]. Multimetric indices of fish, macroinvertebrates and
periphyton have been effectively used to assess surface water quality in the USA [7]. For example,
in an integrated biosurvey as a tool for evaluation of aquatic life use attainment and impairment in
Ohio surface waters, Yoder (1991) [8] reported that biological monitoring and assessment indicated
that approximately 50% of 645 Ohio stream/river segments were impaired while chemical monitoring
and assessment showed no signs of impairment. Biological assessment has become an integral part of
water resource protection and management.

One of the key components for a successful bioassessment program is to accurately characterize the
composition of biological assemblages. Traditional bioassessment methods rely on specialized analysts
to identify taxonomic groups, a time-consuming process. The quality of taxonomic analysis largely
depends on analysts training, experience, and interpretation of the taxonomic literature. For instance,
several studies on inter-analysts comparison of the diatom identification showed that inconsistency
among independent analysts can contribute uncertainty to the bioassessment [9,10]. The inconsistency
among the analysts may be more problematic for long-term monitoring programs, particularly with
climate change. With the development of DNA sequencing technology [11–14], DNA sequencing
has been applied to bioassessment, particularly in freshwater [15–21]. High throughput sequencing
(HTS) was developed to characterize biological assemblages in environmental samples. The method
is faster in terms of sampling processing, and may become cheaper as the technology improves,
and more importantly with the ability to provide more reliable and richer biological information
than the traditional morphology-based method [22–24]. Different plankton assemblages as
bioindicators were characterized using DNA sequencing including bacterioplankton [18,24–26],
and phytoplankton [27–33]. Baird and Hajibabaei (2012) [17] envisioned a new paradigm
(i.e., Biomonitoring 2.0) in ecosystem assessment based on a HTS platform, though a complete
paradigm shift may require more research.

Several researchers have assessed the effectiveness of water quality assessment using the
traditional optic microscopic method and the DNA sequencing method [21,23,34,35]. Due to several
limitations, such as incomplete taxonomic coverage in DNA reference libraries and biases related to
molecular procedures, the two methods may not generate identical compositional data, particularly
at the species level. Despite the difference, biotic indices based on the data generated by the two
methods were highly consistent. Multiple researchers suggested that DNA sequencing generates a
richer amount of information on biotic diversity with consistent and increased taxonomic resolution
and thus has a great potential to improve the effectiveness of current bioassessment. Not surprisingly,
most of these studies focused on benthic diatoms in streams and rivers, since diatoms are commonly
used as bioindicators in lentic ecosystems. The studies that systematically compare the plankton
assemblages characterized by traditional optical microscopy (TOM) and HTS sequencing methods in
drinking water reservoirs are still limited.

China is facing challenges in both water quality and quantity. With uneven water distribution,
the North China Plain is highly water-stressed, while water resources are relatively more abundant
in the south [5,36,37]. Based on the strategic demands for China’s regional sustainable development,
the Chinese government has launched the South–North Water Diversion (SNWD) Project to transfer
water from the Yangtze River and its tributaries to the more arid and industrialized North China
Plain [36–38]. As the largest drinking water source in China [38], affecting more than 53 million
people in Beijing and other receiving-water regions, the water quality in the Danjiangkou Reservoir,
source water for the middle route of the SNWD, is required to be in good quality, be stable long-term,
be continuously improved, and be able to adapt to further changes such as climate, and hence the
establishment of a continuous ecological monitoring database on the reservoir is particularly important.
Such a database can provide scientific data support for best and adaptive management practices.
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In this study, we compared the effectiveness of the TOM and HTS methods in assessing water quality
in the Danjiangkou Reservoir.

2. Materials and Methods

2.1. Study Area

As one of the largest river impoundments in the Yangtze River basin, the Danjiangkou Reservoir
(32◦36′~33◦48′ N; 110◦59′~111◦49′ E), with a maximum depth of about 80 m, is located at the juncture
of Hubei and Henan provinces of central China. Its drainage area includes the upper Hanjiang and
Danjiang rivers, with a total area of 95,000 km2 (Figure 1). The Danjiangkou Reservoir has a variety
of functions, such as flood control, electricity generation, irrigation, shipping and drinking water
supply [36–38].

Figure 1. Locations of the five sampling stations in the Danjiangkou Reservoir and the water
conveyance canal of the Middle Route Project of South-North Water Division in China. Station codes
represent the first letter of their names: Q: Qushou, K: Kuxin, S: Songgan, H: Heijizuo, T: Taizishan.

The reservoir is located in the north sub-tropic monsoon climate region with an annual mean
temperature of 15~16 ◦C and annual precipitation 800~1000 mm, of which 80% is concentrated in the
period from May to October. The monthly maximum precipitation is 193.7 mm and the minimum is
31.0 mm. Soil types include alluvial soil, lime concretion black soil, yellow brown loam and purple soil.
The watershed around the reservoir is dominated by mountainous areas (85%) and forest coverage
(76%) [39].
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2.2. Field Sampling

Based on the previous studies [40,41], we selected the five most representative sampling stations
in the reservoir. In each station, water samples were collected at the 0~50 cm below the water
surface for HTS analysis of planktonic bacterial and eukaryotic assemblages and TOM analysis of the
phytoplankton and physico-chemical variables in May 2016 (rainy season). Qushou (Q) station is 100 m
upstream of the water outlet dam of the water conveyance canal of the Middle Route Project of SNWD.
Heijizuo (H) station is close to the confluence of the Danjiang and Guan rivers, two major tributaries
to the reservoir in Henan province. Songgang (S) station is located in a reservoir bay which was
influenced by a shipping dock and tourists. Kuxin (K) station is located in the middle of the reservoir
while Taizishan (T) station is in the confluence of the two sub-basins of the reservoir (Figure 1). There
were three replicates for each sample.

2.3. Morphological Identification of Phytoplankton Assemblages

Phytoplankton samples were preserved immediately with 1% Lugol’s solution. The water
samples for phytoplankton analysis were stored in a 2 L glass sedimentation utensil. After 48 h
sedimentation, each sample was condensed to about 30 mL, and then stored in darkness at 4 ◦C until
analysis. Phytoplankton were identified under a microscope (Nike E200) according to Hu and Wei
(2006) [42]. Phytoplankton analysis followed the standard method [43]. Before counting, each sample
was gently mixed. Phytoplankton cells were counted in a Fuchs-Rosental counting chamber at
400 × in Z line microscope fields. Algal biovolumes were calculated from measured morphometric
characteristics (diameter, length and width). Conversion to biomass was based on 1 mm3 of algal
volume being equivalent to 1 mg of fresh weight biomass. A minimum of 500 individual units were
counted with a counting error of less than 10%. Three subsamples were analyzed for each sample.

The Shannon–Wiener index [44] (H’) of phytoplankton was used to evaluate water quality.
The water quality was classified as severe (H’ = 0~1), moderately β (H’ = 1~2), moderately α (H’ = 2~ 3)
trophic condition and clean condition (H’ > 3) [45].

2.4. DNA Extraction and Sequencing

Samples were first filtered through a 0.45 μm diameter filter for planktonic eukaryote sequencing
and the filtrates were then collected through a 0.22μm diameter filter for bacterioplankton sequencing.
Plankton genomic DNA in the stored filters was extracted using the E.Z.N.A.® Water DNA Kit
(OMEGA bio-tek, Norcross, GA, USA), following the manufacturer’s instructions. Electrophoresis
and Nano Drop ND 2000 (Thermo Scientific, Pittsburgh, PA, USA) were used to estimate the quantity
of extracted DNA. The V3-V4 region of bacterial 16S rRNA gene was amplified with 338F and
806R [18,46] and the V5-V7 region of eukaryote 18S rRNA gene was amplified with 0817F and 1196R
with sample-identifying barcodes [47]. High throughput sequencing (Illumina MiSeq PE300 platform,
Illumina, Inc., CA, USA) was performed by Shanghai Majorbio Bio-Pharm Technology Co., Ltd.
(Shanghai, China).

In both cases, the MiSeq sequencing data were processed using the QIIME Pipeline [11].
The operational taxonomic units (OTUs) were determined (at 97% similarity level) using USEARCH.
The OTU number of each sample was used to represent taxa richness. Rarefaction curves and a
Shannon–Wiener index (H’) were generated, and the ACE, Shannon, Simpson, and Chao1 estimators
were calculated to compare the richness and diversity of plankton. Taxonomic classification at the
phylum and genus levels was performed using the ribosome database project (RDP) algorithm.

2.5. Physico-Chemical Variables

Physico-chemical variables were measured using standard methods [43]. Water temperature (T),
pH, electric conductivity (EC), and dissolved oxygen (DO) were measured in situ using a YSI 6920
(YSI Inc., Yellow Springs, OH, USA). Secchi depth (SD) was determined with a 30 cm diameter
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Secchi disk. Water samples for chemical analysis were transported to the laboratory within 24 h,
stored in a refrigerator at 4 ◦C, and analyzed within one week after sample collection.

Permanganate index (CODMn) was calculated using the potassium permanganate
index method and chemical oxygen demand (COD) was measured by the potassium
dichromate method. Total phosphorus (TP) was determined with acidified molybdate to
form reduced phosphor-molybdenum blue and measured spectro-photometrically. Total nitrogen (TN)
was assayed with alkaline persulfate digestion and UV spectro-photometry, and ammonia nitrogen
(NH4

+-N) was measured with Nessler’s reagent spectro-photometric method. Chlorophyll a (Chla)
concentration was estimated spectro-photometrically after extraction in 90% ethanol [43].

The evaluation for the water trophic state was based on the five variables of TN, TP, CODMn,
SD and Chla [48]. Using the linear interpolation method, we converted the value of each environmental
variable into the assigned value (E), and then used the arithmetic mean of each assigned value
as the trophic state index (EI). EI values between 60~100 indicate hyper-eutrophic conditions,
between 50~60 mildly eutrophic conditions and between 20~50 moderately eutrophic conditions [48].

2.6. Data Analysis

Datasets between HTS and TOM were compared at the phylum/genus level. All genera
belonging to the concept of phytoplankton, including Cyanobacteria (from the 16S sequencing dataset),
Bacillariophyta, Chlorophyta, and other groups of eukaryotic phytoplankton (from the 18S
sequencing dataset) were determined from the cleaned HTS datasets. The numbers of OTUs were
compared with their corresponding number of phytoplankton species (or genera) found by TOM.

The per-mutational multivariate analysis of variance (PERMANOVA) and analysis of similarity
(ANOSIM) were performed using R software with the “vegan” package to assess the significant
differences in assemblage structure among the sampling stations. Non-metric multi-dimensional
scaling (NMDS) was also conducted with the R function “metaMDS” in the same package, and the first
two NMDS axis scores (NMDS I and NMDS II) for each station were used as reduced multi-dimensional
data for the plankton assemblages. The relative abundance of biomass data was used for the
NMDS analysis. Generalized procrustes analysis (GPA) was used to compare the ordination based on
phytoplankton assemblages and DNA barcoding [49]. To assess the differences in the environmental
variables among stations, one-way analysis of variance (ANOVA) was applied with statistical
significance set prior at p < 0.05. All data analyses were performed in R (Ver. 3.4.0, R Development
Core Team, 2017).

3. Results

3.1. Evaluation of Water Quality and Trophic Status

The physico-chemical variables indicated that the water quality of the reservoir was overall
good as drinking water according to the environmental quality standards of surface water of China
(GB38382-2002). However, TN was higher than the Class III surface water standard. TN at H station
was 54.08% higher than that of other stations. Both CODMn and TP met Class II surface water standards
while other indicators met Class I surface water standards (Table 1). There were significant differences
in the environmental variables among the stations except TP (p < 0.05). According to TN, the five
stations could be divided into three different groups (i.e., H station, K and T stations, Q and S stations,
Table 1).

The mean E value of TN was 60.05. The E values in the H and T stations were higher, over 60.00.
The E values of the other four environmental variables were between 20.00~49.05. The mean EI values,
ranged between 38.78~41.16, were significantly different among the five stations (p < 0.05).
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3.2. Phytoplankton Assemblages Characterized by TOM

A total of 39 taxa were recorded, belonging to five divisions, 17 families and 26 genera.
Bacillariophyta, Chlorophyta and Cyanophyta accounted for 51.28%, 23.08% and 15.38% of the total
genus/species and 72.53%, 22.15% and 3.78% of the total biomass, respectively (Figure 2). H’ values
varied from the highest of 5.66 at Q station to the lowest of 0.67 at T station (Table A1), suggesting that
the reservoir was under a moderate trophic condition.
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Figure 2. Relative abundance (%) of biomass and taxa number of phytoplankton assemblages by
traditional optical microscopy method (TOM). Station codes represented the first letter of their names:
Q: Qushou, K: Kuxin, S: Songgan, H: Heijizuo, T: Taizishang.

The NMDS analysis showed that phytoplankton assemblages substantially varied among the five
stations (Figure 3a). The NMDS axis I mainly reflected the change of Chlorophyta and Bacillariophyta
in the riverine and reservoir areas. The biomass of Chlorophyta, dominated by Pandorina sp. (56.34% of
the total biomass) at H station, was much higher than that of the other four stations. In contrast,
the biomass of Bacillariophyta at H station was the lowest. The NMDS axis II was negatively correlated
with the total phytoplankton biomass. Aulacoseira granulata (Ehr.) Simonsen accounted for 53.70% and
36.81% of the total biomass in K and T stations, respectively, while Navicula sp. accounted for 35.25%
and 30.84% in Q and S stations, respectively.

Figure 3. Comparison of the NMDS plots based on phytoplankton (a) and DNA barcoding (b).
Station codes represented the first letter of their names: Q: Qushou, K: Kuxin, S: Songgan, H: Heijizuo,
T: Taizishang.
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3.3. Plankton Assemblages Characterized by HTS

The HTS results of 16S rRNA and 18S rRNA gene showed that the library coverage and Simpson
index of 18S rRNA planktonic eukaryotic assemblages (18S assemblages) were higher than those of 16S
rRNA bacterioplankton assemblages (16S assemblages) (Tables 2 and A1, and Figure 4). In contrast,
the ACE index, Chao1 index and H’ values of the 18S assemblages were lower than those of the
16S assemblages. The OTUs number, ACE index, Chao1 index, H’ and Simpson index of the 18S
assemblages were significantly different among the stations (p < 0.05).

The HTS results showed that the mean bands and OTUs of 16S assemblages of 15 samples were
29,468 and 343 (Table 2 and Figure 4a). Out of 25 phyla of bacteria, Proteobacteria, Bacteroidetes,
Actinobacteria, Cyanobacteria and Firmicutes were dominant. The first dominant Proteobacteria was
36.71%, 32.70%, 34.87%, 29.57% and 34.24% of the total OTUs of Q, K, S, H and T stations, and the
fourth dominant Cyanobacteria accounted for 7.46%, 10.97%, 11.47%, 9.86% and 8.68%, respectively.

Figure 4. Relative abundance (%) of 16S (a) and 18S (b) assemblage structures at phylum levels in
different stations. Only taxa with 0.05% abundance or more in the total dataset were identified in
the legend. Station codes represented the first letter of their names: Q: Qushou, K: Kuxin, S: Songgan,
H: Heijizuo, T: Taizishang.
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The HTS result of 18S assemblages showed that the mean bands and OTUs were 35,508 and 121
(Table 2). The OTUs of Bikonta, Unikonta and the unclassified accounted for 59.57%, 38.30% and
2.13% of the total OTUs, respectively. There were 20 phyla of planktonic eukaryotes, mainly including
Cryptophyta, Ciliophora, Choanomonada, Haptophyta and other groups (Figure 4b). Cryptophyta,
Ciliophora and Choanozoa accounted for 97.21% of the total OTUs. Phytoplankton and zooplankton
accounted for 63.25% and 35.48% of the total OTUs, respectively. The first dominant Cryptophyta
accounted for 56.15%, 49.85%, 60.20%, 79.11% and 64.65% of the total OTUs in Q, K, S, H and T stations,
and the second dominant Ciliophora was 34.17%, 44.37%, 32.00%, 16.77% and 30.45%, respectively.
Picked phytoplankton included Cryptophyta, Chrysophyta, Haptophyta, Perkinsozoa, Dinokaryota,
Bolidomonas, Bacillariophyta, Chlorophyta, Charophyta and Euglenophyta, the first assemblages of
which were of 62.00% of the total OTUs.

The NMDS analysis of the DNA sequencing data showed that 16S and 18S assemblages varied
among the stations (Figures 3b, 5, 6 and A1). The spatial variation of plankton assemblages among
the stations was greater than the measurement error among the replicates of each station (Figures 3b
and 5). The difference in bacterioplankton assemblages among the stations was lower than that of
eukaryote assemblages (Figures 4 and A1). The bacterioplankton assemblages along the NMDS
axis I from left to right may reflect different habitat conditions, and along the NMDS axis II,
the differences among bacterioplankton assemblages were less evident (Figure A1a). The OTU
percentages of Cyanobacteria_norank and SubsectionI_Family I_norank in H station were higher
than those of the other four stations while the OTUs of Synechococcus were much lower. The relative
abundance of dominant Cryptomonadales_uncultured along the NMDS axis I from left to right
decreased from 43.86% to 14.56%, and along the NMDS axis II from bottom to top, the OTUs of
Choanozoa_incertae_sedis gradually dropped from 3.76% to 1.53% (Figure A1b).

Figure 5. NMDS plot showing both spatial variation among five stations and measurement errors for
each station based on the relative abundance of 16S and 18S sequencing barcoding at the genus level.
Station codes represented the first letter of their names: Q: Qushou, K: Kuxin, S: Songgan, H: Heijizuo,
T: Taizishang. Three identical letters represent three repetitions of each station. There were three
repetitions for each sample.
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Figure 6. Procrustes plot comparing phytoplankton assemblages and DNA barcoding. Solid lines
represented Procrustes residuals from both methods. Station codes represented the first letter of their
names: Q: Qushou, K: Kuxin, S: Songgan, H: Heijizuo, T: Taizishang.

3.4. Comparison of Phytoplankton Assemblages by TOM and HTS

The plankton assemblages identified by the two methods were substantially different (Tables 2
and A1; Figures 2–6 and Figure A2). At the phylum level, the number of the phyla identified by HTS
was more than that by TOM. However, the genera number with almost the same taxa was similar
(Figures 2 and 4). Cyanophyta, Chlorophyta, Bacillariophyta, Chrysophyta and Cryptophyta were
detected by both methods with less of the same genera, followed by Microcystis, Anabaena, Navicula
and Cryptomonas. Bacillariophyta was dominant with a mean of 51.28% of the total genera/species
by TOM while Cryptophyta was dominant with mean 98.27% of the total OTUs by HTS. Dinokaryota,
Charophyta, Euglenophyta and the other rare groups were only identified by HTS.

The NMDS analysis showed the substantial spatial difference of the plankton assemblages among
the stations using either method (Figures 3, 5, 6 and A1). The plankton assemblages of H station were
completely different from those of the other four stations (Figures 3, 5 and 6). The stations could be
divided into three group types such as H station, Q and S stations, K and T stations (Figure 3).

Based on the two datasets, GPA was used to compare the difference in assemblages by the
two methods. The correlation between TOM and HTS in a symmetric Procrustes rotation was 0.61
(Figure 6), revealing good concordance between the two datasets. The residuals varied among the
sampling stations. Q station, located just above the outlet dam, had the smallest residual while
H station, located in the confluence of two tributaries with strong river impact, had the largest residual
(Figure 6).

4. Discussion

Our study showed that the plankton spatial pattern in the reservoir was consistent using both
the TOM and HTS datasets (Figure 3). The reservoir in general has good water quality and thus
the spatial differences among the sampled stations may largely reflect the variation of habitat and
hydrological conditions. For instance, station H, a strong riverine site located at the confluence of two
major tributaries, was consistently different from the rest of the stations in the NMDS plots. Our results
are consistent with findings by other researchers [23,50,51]. For instance, both DNA sequencing and
TOM analyses generally captured frequency shifts of abundant taxa over the seasonal samples [50].
Vasselon et al. (2017) [23] compared HTS and morphological water quality index values in 33 river sites
in Island Mayotte and found that the water quality status was congruent between the two methods.
Eiler et al. (2013) [29] reported that DNA-sequencing-derived phytoplankton composition differed
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significantly among lakes with different trophic status, showing that DNA sequencing could resolve
phytoplankton assemblages at a level relevant for ecosystem management.

Procrustes analysis showed that consistency between the two methods varied among the stations
in the reservoir (Figure 6). The two methods generated the best agreement at station Q. The station,
located just above the outlet dam, may best integrate spatial variability in the reservoir. Both TOM and
18S sRNA results indicated that the sample from this station had the highest taxa richness. In contrast,
the least agreement between the two methods was at station H. Located in the downstream of the
two tributaries, the station may be heavily influenced by the rivers and consequently its plankton
composition with more benthic algae and less true planktonic algae was substantially different from
the rest of the stations. The site-specific discrepancy between the two methods may also be due to the
incomplete taxonomic coverage in the reference library, particularly for benthic diatoms. For instance,
Vasselon et al. (2017) [23] reported that only 13% of the benthic diatom species was shared by the two
methods in 33 river sites in Island Mayotte.

It was expected that the plankton assemblages identified by TOM and HTS would be substantially
different in terms of their composition. Compared to TOM, HTS can detect a wide variety of plankton,
including nanoplankton and rare taxa. Other studies also found similar results in freshwater
ecosystems [32,34,50,52]. Xiao et al. (2014) [32] found that the species compositions detected
by TOM and 454 HTS did not always match at the taxa level after analyzing 300 weekly water
samples over 20 years in Lake Gjersjøen, Norway, a drinking water source. Studies in Lake Tegel,
Germany, showed that because the 480 used diatom sequences of the 18S region were generated
from world-wide occurrences, only a small number of individuals precisely matched on the species
level [52]. A deep-branching taxonomically unclassified cluster was frequently detected by DNA
sequencing, but could not be linked to any group identified by microscopy. DNA sequencing allows
approximately three orders of magnitude larger SSU rDNA sequencing [16]. Deleting rare species
can affect the sensitivity of biotic indices to detect environmental degradation [53]. In the absence
of other nuclear markers less susceptible to copy number variation, rDNA-based diversity studies
need to be adjusted for confounding effects of copy number variation [50]. Evans et al. (2007) [54]
assessed the effectiveness of several genes (cox1, rbcL, 18S and ITS rDNA) to distinguish cryptic species
within the model “morphospecies”, Sellaphora pupula agg., and found that tree topologies were very
similar although support values were generally lower for cox1. To assess the proportional biomass of
diatoms and dinoflagellates along the Swedish west marine coast, Godhe et al. (2008) [27] designed
two real-time PCR assays with special primers to find that the linear regression of the proportion of
SSU rDNA copies of dinoflagellate and diatom origin versus the proportion of dinoflagellate and
diatom biovolumes or biomass per liter was significant. Thus, for diatoms, linear regression of the
number of small subunit ribosomal DNA (SSU rDNA) copies versus biovolume or biomass per liter
was significant, but no such significant correlation was detected in the field samples for dinoflagellates.
Exploring the alternative markers (e.g., ~1400 bp of rbcL; 748 bp at the 3_end of rbcL (rbcL-3P); large
ribosomal subunit (LSU D2/D3) and UPA) to diatom barcoding (e.g., COI-5P, rbcL-3P) should be used
as the primary marker for diatom barcoding, while LSU D2/D3 should be sequenced as a secondary
marker to facilitate bioassessment [55].

The high reproducibility and potential for standardization and parallelization makes the high
throughput sequencing approach an excellent candidate for the simultaneous monitoring of plankton
assemblages in drinking water quality, mainly including both phytoplankton and bacterioplankton.
For a long-term biomonitoring and assessment program in the Danjiangkou Reservoir, a critical
drinking water source for northern China, our study shows that the DNA barcoding method has
great potential. DNA sequencing can provide a rapid and consistent identification of taxa. The next
step is to design a specific assay with a specific DNA extraction method and a specific primer for the
local flora in the reservoir.
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5. Conclusions

In summary, the plankton spatial pattern among the stations in the Danjiangkou Reservoir
was consistently detected by both TOM and HTS methods, reflecting the variation of habitat and
hydrological conditions in the reservoir. To develop a consistent and accurate long-term ecological
monitoring database for drinking water quality, DNA sequencing may serve as a promising alternative.
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Appendix A

Table A1. Shannon-Wiener index (H’) of phytoplankton, 16S and 18S assemblages. H’ values were
the mean of the three repetitions of sequencing data. Station codes represented the first letter of their
names: H: Heijizuo, K: Kuxin, Q: Qushou, S: Songgan, T: Taizishang.

Station Phytoplankton Assemblages 16S Assemblages 18S Assemblages

Q 5.66 3.85 2.57
K 1.55 4.07 2.20
S 1.93 3.97 2.47
H 3.85 4.08 2.03
T 0.67 4.02 2.15

 

Figure A1. NMDS analysis of 16S (a) and 18S (b) assemblages structure. Station codes represented the
first letter of their names: H: Heijizuo, K: Kuxin, Q: Qushou, S: Songgan, T: Taizishang. The numbers
after the station codes indicated the repeating serial numbers.
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Figure A2. Relative abundance (%) of taxa and OTUs of phytoplankton using traditional optical
microscopy method (TOM) and high throughput sequencing method (HTS). OTUs percentage was only
that the number of OTUs of one assemblages accounted for the total OTUs number of phytoplankton
identified from the 16S and 18S sequencing datasets.
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Abstract: In Lake Iseo (Lombardia, Italy), the predominant species in the cyanobacterial taxa
was Planktothrix rubescens. However, since 2014, the presence of an allochthonous Cyanobacteria,
Tychonema bourrellyi, able to produce consistent biomasses and harmful toxins, was detected.
The causes of this expansion are poorly understood. Many studies have linked the development of
allochthonous Cyanobacteria populations with climate change. This study shows the spatio-temporal
dynamics, the ecological requirements, and the interspecific relationship of P. rubescens and
T. bourrellyi. Samples were collected monthly in 2016 at six different depths in the water column;
20 chemico-physical characteristics were measured; and Cyanobacteria density, morphology,
and biovolume were evaluated. The results allowed a comparison of the spatial pattern of the
two species, which showed a greater distribution at a depth of 10–20 m, and their seasonal dynamics.
Both Cyanobacteria were present throughout the year, with the greatest abundance during the
period from March to May. A temporal shift was observed in their development, linked to different
capacities for overcoming winter and mixing periods. Principal Component Analysis, performed on
20 observations (4 months × 5 depths), highlighted the important role of the stability of the water
column in determining T. bourrellyi settlement in Lake Iseo and the role of solar radiation in spring
population development.

Keywords: Cyanobacteria; colonization; Tychonema bourrellyi; Planktothrix rubescens; deep lake;
stability; PCA

1. Introduction

Cyanobacteria are the most ancient phototrophs on the earth. As a result of their long evolutionary
history (~2 by) [1,2], and due to their high ecological plasticity, Cyanobacteria are able to adapt to
geochemical and climatic changes [3,4]. Consequently, these organisms are also capable of adapting
to anthropogenic modifications of aquatic environments [5], such as enhanced nutrient loading
or increasing temperatures. The literature has reported that climate change is likely to stimulate
the development of harmful Cyanobacteria (e.g., [6–14]). Regional and global warming, with an
associated increase in temperature and variability in rainfall patterns, causes changes in nutrients,
sediment delivery, sediment-water exchange and metabolism, water residence time, and vertical
stratification [6,12]. Therefore, ecosystems are subjected to alterations that affect the biotic community,
modifying the species composition with the invasion and the establishment of allochthonous
populations of Cyanobacteria in freshwater ecosystems [4,15,16].
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Increasing focus is being directed towards harmful Cyanobacteria in aquatic ecosystems,
as these organisms are capable of forming consistent blooms (cyanoHABs) affecting use, safety,
and sustainability of water resources, with considerable ecological and socioeconomic costs [1,17,18].
Cyanobacteria blooms represent an appreciable threat not only to human health through exposure
to toxic compounds, such as via drinking water, aquaculture, and recreation [18,19], but also for the
biological community, because the proliferation of these organisms can affect the functioning of the
ecosystem [11,17]. Nevertheless, the impact of cyanotoxins on aquatic ecosystems remains poorly
understood [20], so acquiring more information about the toxicological features and the autoecology
of the species able to produce cyanotoxins is important. These information would help increase
understanding of the environmental drivers that promote the proliferation of harmful Cyanobacteria,
and consequently provide further information for water managers and policy makers.

Studies on the phytoplanktonic community and Cyanobacteria species have been performed
for over 30 years in the great south-Alpine lakes in Italy (i.e., L. Maggiore, L. Como, L. Iseo,
L. Garda) ([21–28]). Starting in 2014, the colonization and the development of Tychonema bourrellyi
(J. W. G. Lund) [29], a Cyanobacteria able to produce anatoxin-A (ATX), were documented [3,4].
The extent and the causes of the expansion of this species in deep holo-oligomictic lakes (i.e., large
lakes south of the Alps) remain to be explored [4]; information about its ecology and physiology are
limited [30].

The aims of this paper were to understand how this allochthonous species affects the current
cyanobacterial community, to determine which environmental factors favored the invasion, and to
investigate the direct or indirect relationships between environmental changes (i.e., climate) and
the development of potentially harmful Cyanobacteria. These goals were achieved by analyzing
phytoplanktonic populations in Lake Iseo, a south-Alpine deep lake, in which one of the predominant
Oscillatoriales over the past 15 years was Planktothrix rubescens (De Candolle ex Gomont) [3,22,23,29,31].
The main objectives were: (1) to highlight and compare spatio-temporal population dynamics of
P. rubescens and T. bourrellyi, analyzing their maximum and minimum seasonal abundance, along with
their distribution along the water column, to determine if the presence of an allochthonous species
could modify the dynamics of the preexisting cyanobacterial community; (2) to evaluate lacustrine
chemico-physical parameters that could affect their development. We supposed that the environmental
changes that occurred in recent decades in Lake Iseo, driven by a climatic force acting at a regional
scale [32–34], affected the phytoplanktonic community. In particular, the documented increases in
water temperature and water column stability [35] could promote the colonization and development
of T. bourrellyi in Lake Iseo.

2. Materials and Methods

2.1. Study Area

Lake Iseo is a deep perialpine lake, the fifth-largest Italian lake in terms of volume (7.6 km3).
The surface area is 61.8 km2, the maximum depth is 258 m, and the mean depth is 124 m [22,36,37].
The lake, which is included in the LTER network (Site LTER_EU_IT_008—“Southern Alpine
Lakes”; http://www.lter-europe.net), is situated in Northern Italy at the end of a prealpine valley,
Val Camonica (Figure 1).
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Figure 1. Location and bathymetry of Lake Iseo. The red dot indicates the position of the sampling
point (modified [38]).

Lake Iseo should be classified as “warm monomictic”, since winter water temperatures never
drop below 4 ◦C. However, due to the great depth of the lake, winter mixing occurs only during cold
and windy winters. Over the last twenty years, complete winter mixing occurred only in 2005 and
2006, so the lake can now be regarded as holo-oligomictic [21,22,36,39,40]. Except for these two years,
the spring mixing depth from 1998 to 2016 in Lake Iseo ranged between 30 and 150 m, and in 2016
it reached about 50 m [35,36]. The extent of the mixing depth was determined by analyzing the
homogeneity of the depth profiles of physical and chemical data recorded along the water column [35].

Nowadays, the increase in nutrient loading has brought Lake Iseo to a meso-eutrophic condition,
with an average concentration of total phosphorus of around 80–90 μg/L [21,22,36].

2.2. Sampling, Field Measurements, and Laboratory Analyses

Samplings for the analysis of the two Cyanobacteria were carried out in Lake Iseo from January to
December 2016. Samples were collected at the deepest point of the lake (45◦43′11′ ′ N; 10◦03′46′ ′ E) [22],
at an almost monthly frequency, using a Niskin bottle, along the water column at six different depths
(0, 10, 20, 30, 40, 60 m), collecting over all 72 samples. These depths were chosen in consideration of
the extent of the euphotic zone in Lake Iseo.

An algae count was performed on fresh material, due to the difficulty of discriminating the
filaments of T. bourrellyi and P. rubescens in samples fixed with Lugol solution [4]. From each sample,
10 mL was vacuum filtered onto 5 μm pore-sized Whatman Cyclopore transparent polycarbonate
membrane filters (25 mm filter diameter) [4,41]. Filtration was made at low pressure to avoid damaging
the filaments [4]. The filters were transferred on a microscopic slide and, employing a microscope
(100× magnification), discrimination and quantification of the two species were carried out, analyzing
the filaments in the whole area of the filters. The average length and average width of the cells were
obtained by measuring at least 20 randomly selected sample filaments. These parameters allowed the
estimation of their density (cell/L) and biovolume (mm3/m3), assuming cylindrical cell shape for both
the taxa [42,43].

In the laboratory, determinations of total phosphorus, soluble reactive phosphorus, total
nitrogen, nitrate nitrogen, ammonium nitrogen, conductivity, and alkalinity were carried out using
standard methods, in accordance with APHA-AWWA-WEF [44]. Dissolved oxygen concentration, pH,
and temperature were, however, detected in situ, instead, with a portable underwater multiparameter
probe (WTW multi3432). Cations and anions were measured using the Ion Chromatography (Thermo
ScientificTM DionexTM, Waltham, MA, USA).

The water transparency (zs) was detected monthly using the Secchi disk, and the depth of the
euphotic zone (zeu) was estimated as zeu = 4.8·z0.68

s [45]. The thermocline depth was calculated
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monthly using the package ‘rLakeAnalyzer’ in R 3.4.1. [46], where the minimum density gradient
was set by default to 0.1 kg/m3/m. The penetration of solar radiation into the water column was
obtained from the values of superficial global radiation (W/m2) provided by ARPA Lombardia, with
measurements made at the meteorological station of Costa Volpino (192 m a.s.l.), located ca. 1 km away
from the northern border of the lake. Stability was, moreover, calculated monthly as the Brunt-Väisälä
frequency (s−2), using the package ‘rLakeAnalyzer’ [46,47].

2.3. Statistical Analyses

In order to highlight the ecological requirements of P. rubescens and T. bourrellyi, the relationship
among selected chemico-physical parameters and biovolume of the two Cyanobacteria was analyzed
using Principal Component Analysis (PCA) based on the correlation matrix [48,49].

Twenty chemico-physical parameters were selected for the PCA: water temperature “WT” (◦C),
water density “WD” (kg/m3), pH, alkalinity “ALK” (meq/L), electrical conductivity “EC” (μS/cm),
total phosphorus “TP” (μg/L), total nitrogen “TN” (μg/L), TP:TN ratio “TP.TN”, soluble reactive
phosphorus “SRP” (μg/L), ammonium nitrogen “NH4” (μg/L), nitrate nitrogen “NO3” (μg/L), silicates
“Si” (μg/L), chloride “Cl” (mg/L), sulphates “SO4” (mg/L), calcium “Ca” (mg/L), magnesium “Mg”
(mg/L), sodium “Na” (mg/L), potassium “K” (mg/L), light radiation “RAD” (W/m), and Brunt-Väisälä
frequency “STABILITY” (s−2).

All data were centered (mean value = 0) and scaled (variance = 1) to allow comparison
among parameters. The normality distribution was checked using the Shapiro-Wilk test [50],
and variables without a normal distribution were log10(x + 1) transformed. The species biovolumes
were Hellinger-transformed, in order to reduce the importance of large abundances [49,51,52].

A preliminary principal component analysis was performed, including all 72 observations,
in order to highlight the most relevant parameters to focus on. A final PCA was performed considering
only the months and the depths possessing the strongest relationships between the Cyanobacteria and
the environmental features. The more relevant relationships between T. bourrellyi and chemico-physical
parameters, showed by PCA, were tested with a linear regression analysis. All statistical analyses were
performed by different packages in R 3.4.1. [53].

3. Results

3.1. Thermal Regime and Water Stability

From January to December 2016, temperature values in the first 60 m of the water column of Lake
Iseo were between 6.5 and 23.8 ◦C (Figure 2).

 

Figure 2. Heatmap of water temperature in Lake Iseo from January to December 2016.
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The warmest temperature values were detected in the first 10–20 m during summer,
especially in July and August. Below a depth of 60 m, the water temperature was quite constant
(6.8 ± 0.7 ◦C (±SEM)). The lowest water temperature difference in the water column was detected in
January and February, with a delta from the top (0 m) to the bottom (245 m) of 0.80 ◦C. In this period,
we assumed water mixing only occurred up to a depth of 50 m by analyzing the chemical parameters
along the water column. Starting mid-March, we observed a progressively more pronounced difference
in the water column temperature among the superficial and the deeper layers, with an enhanced
stratification from May to September. The depth of the thermocline (ztherm) ranged from 13 to 15 m.

During 2016, the value of water transparency in Lake Iseo ranged from 2.4 (June) to 10 m (January).
In general terms, a greater transparency was observed during the winter months due to the lower
primary production compared to summer months. The euphotic depth, ranging between 9 (June) and
23 m (January), was attained using the Secchi disk (zs). The surface radiation had values of between
40 and 293 W/m2, with an extinction coefficient in the range of 0.2 to 0.5.

The Brunt-Väisälä frequency (STABILITY) ranged between −6.7 × 10−5 and 1.43 × 10−3 s−2.
The values detected at the thermocline ranged between 1.5 × 10−5 and 1.4 × 10−3 s−2 and reached
maximum values during the summer months, whereas the minimum values were observed during
winter [20,54].

3.2. Chemical Characteristics

Dissolved oxygen (DO) was higher in shallower layers. In Lake Iseo, below a depth of 50 m,
the oxygen concentration was always critical, due to the high lake productivity, as well as the
diminished frequency of deep circulation recorded in recent years. During February and March 2016,
a dissolved oxygen recharge in the 40–60 m layers was observed, with a rapid subsequent decrease.
During August and September, the metalimnetic oxygen concentration was higher than the levels in
the hypolimnion and epilimnion, displaying a positive heterograde curve (Figure 3a).

 

Figure 3. Temporal development of the principal chemico-physical features analyzed at six depths:
(a) Dissolved oxygen, DO (mg/L); (b) pH; (c) Electrical conductivity, EC (μS/cm); (d) Alkalinity, ALK
(meq/L); (e) Total phosphorus, TP (μg/L); (f) Soluble reactive phosphorus, SRP (μg/L); (g) Total
nitrogen, TN (μg/L); (h) Nitrate nitrogen, NO3

− (μg/L); (i) Ammonium nitrogen, NH4
+ (μg/L).
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pH, measured at 20 ◦C, showed a similar pattern as oxygen, with a higher value in the superficial
layers, where the photosynthetic activity of autotrophic organisms is concentrated, and lower values
in deeper layers, where heterotrophs produce carbon dioxide (CO2), moving the pH toward neutral
values. pH values of between 7.1 and 8.7 were recorded, with higher superficial values in June, July,
and August, and with the lowest value being recorded in January (Figure 3b).

During the whole period analyzed, alkalinity (ALK) and electric conductivity (EC) were in the
range of 1.4 to 2.3 meq/L and 216 to 320 μS/L, respectively (Figure 3c,d).

Total phosphorus (TP) and soluble reactive phosphorus (SRP) showed a similar trend.
In epilimnetic layers, the concentration was 12.9 ± 0.7 μg/L and 6.33 ± 0.28 μg/L, respectively
for TP and SRP. At a depth of 60 m, where the primary production is low and the microbial loop is well
developed, the concentration was 51.9 ± 1.9 μg/L for TP and 49.0 ± 2.1 μg/L for SRP (Figure 3e,f).

In the first 60 m, total nitrogen (TN) was between 800 and 1713 μg/L, with the peak value topside
in April and the lowest value in June at 0 m (Figure 3g). The maximum mean value along the water
column, from the top to a depth of 60 m, was recorded in April (1153 μg/L), whereas the minimum
value was recorded in June (887 μg/L). Nitrogen nitrate (N-NO3

−) showed lower values at 0 and
10 m, whereas the greatest values were detected at 30 and 40 m, within the range of 505 to 934 μg/L
(Figure 3h). Nitrogen ammonium (N-NH4

+) ranged between 2 and 65 μg/L, with the maximum value
recorded in April at 0 m and the minimum value also in April at 30 m (Figure 3i).

Silicates had values between 56 and 1524 μg/L, with the greatest value recorded at 60 m.
The silicate concentrations did not differ between the various sampling months, remaining quite
constant. Chloride, sodium, and potassium ions displayed similar values throughout the year and
along the water column, with values of 3.07 ± 0.02, 2.81 ± 0.01, and 1.29 ± 0.01 mg/L, respectively.
For magnesium and sulphates, with respective mean values of 7.45 ± 0.35 and 18.5 ± 0.2 mg/L,
a variation in seasonal and spatial values was not observed. Calcium ions showed similar values in the
different months at various depths, with a mean value of 41.8 ± 0.39 mg/L, although a slight decrease
in the superficial layers (i.e., 0–10 m) was seen from May to October (35.3 ± 0.53 mg/L).

3.3. Seasonal and Spatial Dynamics of P. rubescens and T. bourrellyi

During the observation period of January to December 2016, both Cyanobacteria were always
present in the lake. The mean species biovolume (from top to 60 m) reached its maximum in April,
with a value of 585 ± 21 mm3/m3 for P. rubescens and 162 ± 72 mm3/m3 for T. bourrellyi. The minimum
mean biovolume was recorded in September, with a value of 1.8 ± 0.7 mm3/m3 for P. rubescens and
4.9 ± 1.5 mm3/m3 for T. bourrellyi (Figure 4).

 

Figure 4. Monthly mean biovolume ± SEM (mm3/m3) of P. rubescens and T. bourrellyi in 2016.
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T. bourrellyi started to increase in March and April, whereas a greater abundance of P. rubescens
was detectable from the first months of the year, i.e., January and February. A temporal shift in
the development of the two species can be highlighted. In January and February, the P. rubescens
abundance had average values of 8.28 ± 2.27 mm3/m3 and 22.7 ± 6.35 mm3/m3, respectively; whereas
T. bourrellyi recorded values of 5.6 ± 2.09 mm3/m3 and 2.78 ± 2.33 mm3/m3. An increase in T. bourrellyi
biovolume was detected in March, in which a value of 21.5 ± 5.8 mm3/m3 was recorded, but the
greatest values were detected during the next months, especially in April and May (134 ± 74 mm3/m3).
The largest P. rubescens biovolumes were measured during March (93.9 ± 29.4 mm3/m3), and April
(585 ± 21 mm3/m3). A greater biovolume of P. rubescens than that of T. bourrellyi was recorded for
six months during the observation period: January, February, March, July, October, and December.

The variation of the biovolume of the two Cyanobacteria in the different months was strongly
influenced both by cell density and cell volume. The species did not show differences in cell dimension
at the different depths along the water column, but seasonal variations were observed. In April,
P. rubescens considerably increased in biovolume compared to T. bourrellyi, as its cells displayed the
highest diameter (6.33 μm), with a cell volume of 150 μm3. The average annual cell volume of
P. rubescens and T. bourrellyi had the same value (63 ± 4 and 63 ± 2 μm3 respectively), with a mean
annual diameter of 4.38 ± 0.11 and 4.2 ± 0.08 μm, and a mean annual length of 3.95 ± 0.04 and
4.50 ± 0.08 μm, respectively. For P. rubescens, the maximum cell volume was measured in April,
whereas the smallest value was recorded in December (25 μm3). T. bourrellyi showed a maximum
cell volume in October (94 μm3) and the minimum in April (38 μm3). The surface-to-volume ratio
of the two species showed a similar monthly trend, with an average annual value of 1.47 and 1.43
for P. rubescens and T. bourrellyi respectively. The greatest difference between the Cyanobacteria was
detected in April and January. In general terms, P. rubescens showed a greater annual variation in this
ratio compared to T. bourrellyi.

The two species were widespread in the entire sampling zone, and their spatial distribution
varied among the different months, with considerable concentrations in the sub-superficial layers.
In considering the months with major abundance, P. rubescens showed the greatest biovolume around
a depth of 20 m, with a relevant, although lower, presence at 10 and 30 m. T. bourrellyi displayed
a considerable biovolume at depths of 10 and 20 m. Beyond the 40 m depth, T. bourrellyi abundance
throughout the year was poor, whereas P. rubescens was present in considerable amounts at these
depths, especially in the months of greater development (March, April, May) (Figure 5).

 

Figure 5. Contour plots showing the spatial and temporal distribution in Lake Iseo during 2016 of
(a) P. rubescens biovolume (mm3/m3); (b) T. bourrellyi biovolume (mm3/m3).
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3.4. Ecological Requirements of P. rubescens and T. bourrellyi

To characterize the ecological requirements of P. rubescens and T. bourrellyi, we performed principal
component analysis (PCA), considering the 20 chemico-physical parameters (listed previously) and
the biovolume of P. rubescens and T. bourrellyi. Below, we report only the most meaningful analysis,
which includes the preliminary principal component analysis and the final analysis with properly
selected observations.

The preliminary PCA showed that the eigenvalues of the first two principal components (PCs)
represented 63.4% of the total variance of the observations (PC1 47.6%; PC2 15.8%) (Figure 6a).

 

Figure 6. Preliminary principal component analysis (PCA) performed on biovolume values of
P. rubescens and T. bourrellyi and 20 chemico-physical variables, detected during the whole period
analyzed from the surface to a depth of 60 m. (a) Loading plot on the plane defined by principal
components 1 (PC1) and 2 (PC2), with different colors according to the individuals’ contributions
(“contrib %”). See “Materials and Methods” for the abbreviations; (b) Score plot on the plane defined
by PC1 and PC2; samples are grouped (“Groups”) by different depths in ellipses (confidence level 0.95).

The first factor had the highest positive loadings for water temperature, pH, stability, and radiation;
whereas the highest negative loadings were found for calcium, alkalinity, magnesium, sulphates,
electrical conductivity, water density, and silicates. The second factor had the highest positive loadings
for total nitrogen, and the lowest for chloride, potassium, nitrate nitrogen, and sodium; whereas
negative loadings were observed for total phosphorus, and the TP:TN ratio. P. rubescens and T. bourrellyi
biovolumes were poorly explained, and they were not correlated in the plane defined by PC1 and PC2.
A good correlation was found between P. rubescens and total nitrogen; whereas T. bourrellyi showed a
slight correlation with stability, water temperature, and pH. The score plot showed a clear difference
between the observations at various depths (Figure 6b). The samples collected at a depth of 60 m
displayed a different pattern, forming a cluster. This different behavior could be explained by this
deep layer being the high hypolimnion, in which different conditions were able to be detected from in
the superficial layers. The samples collected in April at 0 m were outliers.

Preliminary PCA allowed the identification of variables and observations on which our attention
should be focused in order to determine the relationship between Cyanobacteria and environmental
features. The final PCA was performed on observations from five sampling depths (excluding data
collected at 60 m) over four months (February–May), in which the species started their development
and showed the greatest biovolume. The eigenvalues of the first two principal components of the
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final PCA represented the 62.6% of the total variance, with a value of 42.0% for the first principal
component, and 20.6% for the second (Figure 7).

 

Figure 7. Loading plot of the first two components of the final principal component analysis (PCA)
performed on biovolume values of P. rubescens and T. bourrellyi and 20 chemico-physical variables,
detected at depths from 0 to 40 m during February, March, April, and May.

The first component had the highest positive value for water temperature, stability, radiation,
and T. bourrellyi biovolume; and had the highest negative value for alkalinity, water density, calcium,
electrical conductivity, soluble reactive phosphorus, and P. rubescens biovolume. Total nitrogen, sodium,
potassium, and chloride were explained by the second factor, with negative loading values. A high
correlation was highlighted between T. bourrellyi and stability, which was linked to water temperature,
strengthening the relationship shown above. A correlation was also seen between this species and
radiation. P. rubescens was highly correlated with calcium, alkalinity, electrical conductivity, and in
general with the phosphorus forms.

A linear regression between T. bourrellyi and stability was performed to highlight the possible
cause-effect relationship. We selected the months in which the species was more abundant,
as previously chosen for PCA (i.e., February, March, April, May). The stability significantly and
positively affected T. bourrellyi biovolume (F = 12.4, p < 0.002, R2 = 0.36).

4. Discussion

A proliferation of Cyanobacteria has been recorded in lacustrine phytoplanktonic communities,
and studies have highlighted the possible role of climate change in promoting toxic blooms,
although considerably different responses to temperature increase have been recorded among various
Cyanobacteria species and among genetic strains [8,9,12,55–60]. Moreover, these changes in lake
ecosystems can lead to the introduction of allochthonous populations of Cyanobacteria, with different
and not-always-identified toxicological features [4,55]. Although these complex events cannot be
explained by a single environmental driver [55,61], more effort is needed to further the knowledge
about the abiotic and biotic elements that promote the development of harmful Cyanobacteria.
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The phytoplanktonic communities in the deep south-Alpine lakes in Italy have been repeatedly
monitored and studied. A long-term data set (from 1998 to 2016) was available for Lake Iseo [21,22].
Starting in 2014, the presence of the allochthonous T. bourrellyi (Cyanobacteria) was detected in
Lake Iseo, as well as in other south-Alpine lakes. The causes of its proliferation remain as yet poorly
understood [3,4].

Our study found high biovolume values of T. bourrellyi in Lake Iseo, with a maximum abundance
of 162 mm3/m3. These recorded values were comparable to those of P. rubescens, which was reported
in previous studies as the most abundant Cyanobacteria taxa in Lake Iseo [21,22]. These two species
(order Oscillatoriales) are multicellular filamentous forms, cold-stenotherm species, with a comparable
growth temperature range of 10 to 20 ◦C [62]. A remarkable difference between the two species is
related to the gas vesicles. Unlike T. bourrellyi, P. rubescens has these structures and, therefore, has an
important competitive advantage. P. rubescens is able to move along the water column and consequently
acquire the most favorable position [4,63–67]. The physiological features and environmental factors
that allow the co-presence of these two Cyanobacteria have not yet been identified. In particular,
understanding which environmental changes have occurred, and on what timescale, is important,
as these changes did not sufficiently favor P. rubescens for T. bourrellyi to be excluded, thus permitting
their co-existence [68,69].

In 2015, a stronger development of T. bourrellyi compared to P. rubescens was recorded in Lake
Garda. The re-oligotrophication process of this lake has been hypothesized to be a possible explanation
for the altered cyanobacterial community [4]. In the last decades of the 20th century, a decline
in the P. rubescens population was recorded in many peri-alpine lakes, which was linked to the
decrease in nutrients loading following large restoration projects, e.g., Lake Garda, Lake Maggiore [31],
Lake Bourget [70], and Lake Ammersee [71]. This situation was not the case for Lake Iseo,
in which nutrients have been high since the 1970s [21,22]. Moreover, for the different lakes,
phytoplankton composition is largely dependent on their having similar geographic, morphometric,
and hydrodynamic characteristics, whereas the biomass level is mainly determined by nutrient
load [23]. The role of temperature and nutrients in affecting P. rubescens development is still open to
considerable debate [20,72,73]: in oligotrophic lakes, the nutrients appear to be more important than
the temperature; in mesotrophic lakes the temperature has a stronger impact; and in eutrophic and
hyper-eutrophic lakes, the positive interaction between temperature and nutrients plays the main
role [74].

On a global scale, an increasing trend in the lacustrine water temperature has been widely reported,
with a mean rise of 0.34 ◦C/decade in the summer surface water temperature [75–77]. In particular,
studies on Lake Iseo highlighted an average annual increase of 0.19 ◦C/decade, with a temperature
rise of 0.56 ◦C in the 30 years from 1986 to 2015 [77]. Rising temperatures could affect the pelagic
community, by both directly and indirectly influencing the growth, the survival, the metabolism,
and the reproduction of organisms [8]. One of the most important consequences of this temperature
increase is stronger thermal stratification, which is caused by the temperature-dependent density
difference between the epilimnion and hypolimnion [78], as well as the decrease in the intensity of
deep mixing, which has been observed in Lake Iseo since the mid-1980s [25]. The most recent episodes
of full circulation occurred at the end of winter in 2005 and 2006, and were due to extremely cold
winters and sufficient kinetic energy [35,36,79]. From 2007 until 2014, the mixing depths likely did
not exceed 100 m, and the most recent years (2014–2016) have been characterized by a mixing depth
accounting for no more than 20% of the water column [35,36,80]. By analyzing the available discrete
data for 2016, we detected a maximum deep water mixing of 50 m.

The presence of P. rubescens in Lake Iseo has been reported since at least the 1980s [21,22].
The presence of gas vesicles in this species could allow the overcoming of the tendency of
Cyanobacteria to sink out of the euphotic zone, providing P. rubescens with a competitive advantage.
Changes in cellular weight due to photosynthesis and respiration processes can be balanced with gas
vesicles [65,66,81]. Moreover, the buoyancy ability allows each species to optimize light absorption
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and obtain the most favorable positioning in the water column. This species, being tolerant to light
deficiency, tends to form a layer on the lower border of the metalimnion in deep and stratified lakes,
where it can avoid interspecific competition and exploit resources and nutrients [65,74,82]. The gas
vesicles can, however, irreversibly collapse at a certain critical hydrostatic pressure and then no longer
provide buoyancy. Consequently, the depth to which the planktonic organisms can be mixed in winter
is of paramount importance, determining the amount of Cyanobacteria that remain vital at the end of
the winter and that form the inoculum for growth during the next season [23,83]. D’Alelio et al. [84]
demonstrated that the presence of weaker or stronger gas vesicles in P. rubescens is an adaptive based on
shallow or deep winter circulation, respectively. In 2009 in Lake Iseo they also underlined the presence
of P. rubescens strains with strong gas vesicles and a critical collapse pressure (pc) of ∼=1.1 MPa that were
able to overcome hydrostatic pressure of water depths of up to 80–100 m in winter. Given the reduced
mixing depth recorded in Lake Iseo in recent decades, P. rubescens was able to maintain a reproductive
population during the winter months with weak vertical circulation, i.e., January and February. For this
reason, and given the ability of P. rubescens to use limited solar radiation, this population was able to
grow early in the first months of the year, gaining a competitive advantage over other phytoplanktonic
taxa, e.g., T. bourrellyi.

T. bourrellyi does not possess gas vesicles, and, during calm, thermally stratified conditions, sinks
to form a metalimnetic maximum [67]. As this species does not have a buoyancy ability, a different
strategy is used to optimize light absorption. These features make this species well-adapted to
stratified lakes [67]. A deep-water mixing would bring this organism out of the euphotic zone, where
the conditions are not suitable for its survival. Our PCA analyses are in agreement with this statement,
showing a strong relationship between T. bourrellyi and the parameters of stability (Brunt-Väisälä
frequency) and radiation. Then, when the stratification was more obvious and the radiation higher, the
species began its development. The nutrients, instead, seemed to be a less critical factor in promoting
one species over the other.

Despite the shift in spring development, both Cyanobacteria attained maximum biovolume
in April; the biovolume then decreased from June to January. The same temporal development of
T. bourrellyi was highlighted in Lake Garda (deep south-Alpine lake) in 2015, with the maximum
reached during April and May, and a remarkable decrease taking place in August [4], confirming that
the most suitable conditions for this species occurred during the spring months. The extremely high
biovolume of P. rubescens in April was related to the elevated cell volume, especially cell width, as the
densities of the two Cyanobacteria were comparable. At present, clearly evaluating what adaptive
significance the variation in cellular dimensions could have is not possible. We only speculated that the
greater cellular dimension observed could be related to the increase in gas vesicle diameters. In April,
a more efficient buoyancy capacity, proportional to vesicle volume [85], could favor the movement
of the organism in the stable water column. In our work, gas vesicle diameter measurement was
not performed. In the literature, to the best of our knowledge, no one has verified this hypothesis.
However, the inverse relationship between the gas vesicle width and the critical pressure at which
they collapse has been documented [85,86]. Therefore, P. rubescens, during the mixing period in which
the strains could be carried at depths with elevated hydrostatic pressure, developed smaller and
stronger gas vesicles, to avoid their collapse. The enhanced stability condition allowed the increase
of the gas vesicles diameter and consequently the movement of the organisms became more efficient.
The increase in cellular dimension involved a change in the surface to volume ratio, influencing
nutrients and light absorption [87]. With the increased cell width, the ratio became unfavorable in
April for P. rubescens.

P. rubescens attained a maximum biovolume around a depth of 20 m; T. bourrellyi showed a different
pattern with a spatial shift from April (20 m) to May (10 m). This behavior could be linked to the
upward repositioning of the thermocline, detected from April (ztherm = 15.7 m) to May (ztherm = 13.1 m)
(Figures 2 and 5). The vertical distribution of T. bourrellyi was tied to the thermocline positioning in
the water column, as this species does not possess gas vesicles and cannot independently move in the
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water column, and accumulated in alignment with the major density-temperature discontinuity [4,67].
The presence of gas vesicles in P. rubescens allowed this species to move along the water column and
grow in the layer with the best irradiance conditions, which were detected in Lake Iseo at a depth of
around 20 m. This species is also well adapted to low light values, and has been reported to be an
efficient light harvester [65,81,88]. It was detected growing in the radiation conditions between 40 and
60 m, where it developed with lesser biovolume values than in the upper layers.

In conclusion, this work assessed the environmental changes that have occurred in Lake Iseo
that permitted the settlement of the allochthonous Cyanobacteria T. bourrellyi, and the co-existence
with P. rubescens, which still had a large biovolume. Our results confirmed that P. rubescens was
competitive not only in stratified lakes, but also in lacustrine ecosystems characterized by partial
mixing in the water column. Its survival was due to its features; P. rubescens was able to survive
the winter, and started to grow immediately when allowed by the radiation and stability conditions.
The increased stratified conditions in the aquatic system seemed to be a key factor for the settling
of T. bourrellyi, which cannot proliferate in lakes with deep mixing events. These results suggest the
possible role of enhanced stability in promoting the development of this allochthonous Cyanobacteria,
which has created its own niche as a result of the more stable water column and reduced mixing depths
in the winter. Climate changes can directly and indirectly affect aquatic environments, and more effort
is needed to better understand the modified dynamics in lakes, and to expand the knowledge obtained
by annual investigation, to understand if what was verified in Lake Iseo could be found in the other
southern Alpine lakes.
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Abstract: The average global temperature is predicted to increase by 3 ◦C by the end of this century
due to human-induced climate change. The overall metabolism of the aquatic biota will be directly
affected by rising temperatures and associated changes. Since thermal stability is a characteristic of
groundwater ecosystems, global warming is expected to have a profound effect on the groundwater
fauna. The prediction that stygobitic (obligate groundwater dweller) species are vulnerable to climate
change includes assumptions about metabolic effects that can only be tested by comparisons across
a thermal gradient. To this end, we investigated the effects of two different thermal regimes on
the metabolism of the stygobitic copepod species Diacyclops belgicus (Kiefer, 1936). We measured
the individual-based oxygen consumption of this species as a proxy of possible metabolic reactions
to temperature rising from 14 to 17 ◦C. We used a sealed glass microplate equipped with planar
oxygen sensor spots with optical isolation glued onto the bottom of 80-μL wells integrated with a
24-channel fluorescence-based respirometry system. The tests have provided controversial results
according to which the D. belgicus populations should be prudently considered at risk under a global
warming scenario.

Keywords: metabolism; respirometry; copepods; crustaceans; groundwater; porous aquifer

1. Introduction

Global climate change is expected to seriously alter the supply of aquatic ecosystem services
that are crucial for human wellbeing. Mediterranean ecosystems appear the most vulnerable
to global change in Europe, with potential impacts related primarily to increasing temperatures,
reduction in precipitation, water scarcity, concentration of economic activities in coastal areas and
climate-sensitive agriculture [1]. Groundwater will play a fundamental role in sustaining ecosystems
and enabling human adaptation to climate change. The strategic importance of groundwater
will intensify as climate extremes become more frequent and intense. However, understanding
climate-change effects on groundwater ecosystems is not an easy task because global warming may
affect groundwater ecosystems both directly, through changes in temperature and replenishment
by recharge, and indirectly, through changes in groundwater use [2,3]. Accordingly, the IPPC
(Intergovernmental Panel on Climate Change) [4] stated that a lack of necessary data has made it
impossible to determine the magnitude and direction of groundwater change due to climate change [5].
Multidisciplinary collaboration is needed to study changes in groundwater chemistry, temperature,
hydro-geophysical properties and biology over a range of spatial scales [6].

An air temperature increase of 2–3 ◦C is expected in the Mediterranean region by 2050 and
a rise of 3–5 ◦C is expected by 2100 [4,7]. Global warming will result in an increase of groundwater
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temperatures as well. In the extreme cases, groundwater temperatures in shallow porous aquifers
(depth < 15 m below ground level) are expected to increase by up to 4–5 ◦C in some temperate climate
regions in the 45◦ northern latitude, depending on the degree of urbanization [8]. Climate warming will
affect the aquifers that are recharged by surface water through riverbank infiltration [9] as well as those
that are directly recharged by precipitation and those affected by ground surface heating [8]. In shallow
porous aquifers temperatures are not constant. Seasonal temperature cycles at the ground surface
drive seasonal temperature fluctuations in the subsurface down to depths of 10–15 m [10]. Diurnal
temperature fluctuations are typically found at depths of less than 1 m, but seasonal fluctuations may
be detectable at depths up to 15 m [10]. The annual amplitude of temperature is typically less than
2 ◦C in porous aquifers that are deeper than 5 m below the soil surface [11–15]. Yet, shallow porous
aquifers are not immune to global warming, because the annual mean temperature of groundwater
closely tracks the ambient air temperature [11]. This means that groundwater temperatures in these
aquifers might reach high values in the warm seasons under the expected global warming scenarios.

While the effects of global warming on groundwater chemistry, hydro-geophysical properties
and resources have been studied in recent years, the assessment of the biological responses to the
groundwater temperature increases due to climate change is in its infancy. Metabolic rates of obligate
groundwater (stygobitic) species are expected to be highly temperature-dependent. Groundwater
ectotherm species reside in habitats where temperatures may vary seasonally but only one or two
degrees throughout the year [16,17]. In such stable thermal environments, natural selection should
favor stenothermal species, i.e., organisms that maximize their performance along a very narrow range
of temperatures [18]. Few experiments that deal with the impact of temperature on the physiology of
obligate groundwater species are available [19–23], however none of them was specifically designed to
test the predictions of the climate change hypothesis.

In this study, we determined the thermal tolerance of a stygobitic species, Diacyclops belgicus
(Kiefer, 1936), to increasing groundwater temperatures. We selected D. belgicus because it is an
obligate groundwater species that has been collected from caves, porous aquifers and hyporheic
zones of Europe and the former USSR (the Union of Soviet Socialist Republics) [24]. The species
shows a wide geographic distribution, and no marked habitat and microhabitat preferences, even
if it has been more frequently collected from porous aquifers and the hyporheic zone. D. belgicus
also resides in a Mediterranean shallow porous aquifer in Tuscany which is characterized by annual
temperature amplitude of about 2 ◦C. Since an exponential relationship between oxygen consumption
and temperature was observed in some other obligate groundwater species [23], we expected a change
of the metabolic rates of D. belgicus under rising temperatures. We explored the likelihood of this
prediction by measuring the oxygen consumption of D. belgicus under two different temperatures,
namely 14 and 17 ◦C. Fourteen degrees is the lowest annual temperature that has been measured in the
shallow porous aquifer where the individuals of D. belgicus that were used in our trials were collected.
The mean annual temperature of the collection site of D. belgicus in this study is 15 ◦C. Seventeen
degrees is 1.1 ◦C above the highest annual temperature recorded (15.9 ◦C). The aquifer temperature was
measured monthly by a multiparametric probe (ECM MultiTM; Lange GmbH, Düsseldorf, Germany).
We selected 14 ◦C as the reference value because this temperature appeared to be an important threshold
for some stygobitic crustaceans, namely the amphipods Niphargus rhenorhodanensis Schellenberg, 1937
and N. virei Chevreux, 1896: the ventilatory activity increased largely above this temperature in these
organisms [20]. The temperature of 17 ◦C was selected because a 2 ◦C increase in the mean annual
groundwater temperature is anticipated by 2050 due to global warming.

2. Materials and Methods

2.1. Animal Collection and Rearing

The specimens of D. belgicus (Figure 1) were collected from a phreatic well in Tuscany, Italy
(coordinates: 43◦49′02.61′ ′ N; 11◦11′59.79′ ′ E) in June 2017. The well (depth: 14 m) is situated in
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the shallow Quaternary porous aquifer of Medio Valdarno. Prior to the collection of the animals,
some groundwater samples were withdrawn from the well and analyzed for dissolved organic carbon
(DOC), prokaryotic cell count and 32 chemicals (ammonium, nitrites, nitrates, heavy metals, inorganic
pollutants, PAHs (polycyclic aromatic hydrocarbons), pesticides and organochlorines). None of the
tested chemicals were detected at concentrations higher than the European and national threshold
values. Dissolved organic carbon (DOC) was 1.1 mg/L. The collection of copepods was performed
in June 2017 when the temperature of groundwater was 15.3 ◦C, i.e., very close to the mean annual
value (15 ◦C).

Figure 1. Female of Diacyclops belgicus at the optical microscope.

A phreatobiological net-sampler (mesh size: 60 μm) was used to collect copepods from the
bottom and the water column of the well. After the collection, the samples were transferred to
the laboratory within 10 min. In the laboratory, the individuals of D. belgicus were picked up by
a glass pipette and pooled in a 100-mL glass vial filled with the groundwater collected from the well
(hereafter called bore water). The culture was kept in the dark in a thermostatic cabinet (Mod. ST 3,
Pol-Eko-Aparatura, Wodzisław Śląski, Poland) at 14 ◦C for 7 days. The bore water was not renewed
and no additional food was offered. Microbes occurred with about 1.8 × 106 prokaryotic cells/mL
in the bore water (Flow Cytometer A50-micro, Apogee Flow System, Hertfordshire, UK). Eighteen
hours before the trial at 14 ◦C the copepods were rinsed in standard water (1 L of MILLIPORE
MILLI-Q® (Elix®, Merck KGaA, Darmstadt, Germany) deionized water remineralized with the
following reagent grade chemicals: 0.06 g of MgSO4, 0.096 g of NaHCO3, 0.004 g of KCl, 0.06 g of
CaSO4·2H2O; [25]) and kept in a 10-mL glass vial with standard water and in the darkness at the testing
temperature. No food was offered during acclimation in order to allow gut-emptying [26,27]. After the
acclimation, only the actively swimming individuals were selected for testing. The test individuals
(juvenile stages, i.e., copepodids) were picked up by a glass pipette under a Leica M80 stereomicroscope
at 20× magnification. The pick-up of fecal pellets was carefully avoided so to exclude the overshoot in
oxygen consumption due to digestive metabolism [20,26,27]. The respirometric measurements were
started on the day 8th for the trials at 14 ◦C. The whole procedure (collection of new animals from the
field, acclimation in bore water and in standard water and testing) was repeated for the trial at 17 ◦C
at the day 9th. A sampling effect on the trials was not considered likely since groundwater habitats
have a strong physical inertia on a monthly scale [11–15]. The animals that had been not used in the
tests were kept in the bore water in the thermostatic cabinet.
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2.2. Measurement of Oxygen Consumption

Standard respiration rates (SRRs) were measured in a sealed glass microplate equipped with
planar oxygen sensor spots with optical isolation glued onto the bottom of 80-μL wells (Loligo Systems,
Viborg, Denmark). The microplate was integrated with a 24-channel fluorescence-based respirometry
system (SDR Sensor Dish Reader) (PreSens Precision Sensing GmbH, Regensburg, Germany)
that allows simultaneous measurement of 20 replicates and 4 controls (wells without animals).
This respirometer is known for its simplicity, high throughput, and high temporal resolution and
sensitivity [28,29]. The reader was placed inside the thermostatic cabinet at the appropriate testing
temperatures (either 14 or 17 ◦C; accuracy: ±0.1 ◦C) 18 h before the beginning of the trials to bring the
equipment and the standard water to the same temperature prior to measurements [20,29]. Twenty
copepodids of D. belgicus were then individually loaded in the microwells that were in turn inspected
for air bubbles under a stereomicroscope (Leica M80, Leica Microsystems Srl, Wetzlar, Germany) at
20× magnification. The microwells were overfilled with oversaturated standard water and sealed
with parafilm before the plate was placed on the SDR reader. The well inspection was repeated after
the sealing with the parafilm. Four microwells were kept without animals for controls and they were
filled with the standard water used for copepod acclimation. A 10 cm × 7 cm × 0.5 cm rectangular
silicone layer was put on top of the microplate for a further sealing. Finally, a weight was posed on
top of everything. The preparation of the microplate was conducted under the stereomicroscope at
room temperature within 20 min. Nevertheless, when the sealed microplate was put back into the
thermostatic cabinet after copepod loading, the device temperature was always about 2 ◦C higher than
the respective test temperature (15.9 ◦C vs. 14 ◦C; 18.8 ◦C vs. 17 ◦C). The measurements were started as
soon as the device temperature had reached the equilibrium with the test temperature, by the SDR v4
Software (PreSens Precision Sensing GmbH, Regensburg, Germany). From preliminary experiments,
we set at 120 min the time needed to temperature re-equilibration. Afterwards, the oxygen consumption
(% air saturation) was recorded every 2 min during 2 h after the temperature re-equilibration. The plate
was not shaken allowing the animals to respire without stress. Total oxygen consumption (μg O2 per
individual per hour) was calculated while correcting for observed changes in oxygen readings in the
control wells (mean values of the 4 controls). The percentage of air saturation was above 80% in each
well at the end of the trials at both test temperatures.

At the end of each trial, the microwells were opened and inspected under the microscope at
50× magnification. The copepods were individually picked-up by a glass pipette and loaded in a Petri
dish and checked for mortality (no movement after gentle stimulation by means of a sorting needle).
No dead individuals were detected at the end of the trials. Some drops of carbonated water were
added to the Petri dish in order to narcotize the individuals. Pictures of each individual were taken
by a HD camera (MC 170, Leica Microsystems Srl, Wetzlar, Germany) that was integrated to the
microscope. The camera was connected to a notebook and the pictures were elaborated by LAS EZ vs.
3 software (Leica Microsystems Srl, Wetzlar, Germany) and the free vector graphic software Inkscape
(https://inkscape.org/it/). The prosome length (L, mm) and width (W, mm) of each individual were
measured using the methods described in our previous studies [26,27]. Dry mass was calculated
according to [30]:

wet mass (WM) = K × (prosomal length)× width2 (1)

where K is a constant, being 0.705 for cyclopoids [31]. A conversion factor of 0.25 was used to convert
the wet mass to the dry mass [32], i.e.,:

dry mass (DM) = 0.25 × WM. (2)
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To describe the relationship between temperature and performance we used the metric Q10 that
is the rate of change of a biological system (in this case, oxygen consumption) as a consequence of
a temperature increase of 10 ◦C. This value was calculated between 14 and 17 ◦C using the formula:

Q10 = (R2/R1)10/(T2−T1) (3)

where R1 and R2 are the oxygen consumptions at temperatures T1 and T2 and T2 > T1 [20,33]. We used
both the mean and the median values of the oxygen consumption.

2.3. Statistical Analyses

To test for differences in size (L, W and DM) between the two trials (at 14 and 17 ◦C) we
used three different one-way permutational analyses of variance (PERMANOVA) [34], one per each
variable, with the factor “temperature” (two levels: 14 and 17 ◦C). To test for differences in the
oxygen consumption in μg O2 per individual per hour, we used a one-way permutational analysis of
covariance (PERMANCOVA) [34], with individual DM as the covariate. The permutational analyses
were performed on the basis of a Euclidean Distance similarity matrix and using either non-transformed
or log(x + 1) transformed data, after performing a Levene’s test on the original dataset to check for
variance homogeneity. PERMANOVA was run under Type III Sum of Squares and unrestricted
permutation of raw data. PERMANCOVA was run under Type I Sum of Squares and permutation of
residuals under a reduced model [34]. The number of permutations required to derive p-values was
set at 9999. Whenever the number of unique permutations was lower than 100, Monte Carlo p-values
were preferred over the permutation p-values.

Prior to the analyses, all data were checked for outliers based on the following fences: lower inner
fence (Q1 − 1.5 × IQ), upper inner fence (Q3 + 1.5 × IQ), lower outer fence (Q1 − 3 × IQ) and upper
outer fence (Q3 + 3 × IQ), where Q1 and Q3 are the first and the third quartiles respectively and IQ is
the interquartile range (i.e., Q3 − Q1). We assumed as outliers those data that were either lower than
the lower fences or higher than the upper fences. PERMANOVAs and PERMANCOVA were run on
both the raw data and on the raw data set deprived of outliers.

All the statistical tests were performed using PRIMER v.6 & PERMANOVA + routines for PRIMER
(PRIME-E, Auckland, New Zealand) [35]. The level of significance was set to p < 0.05.

3. Results

SRR, L, W and DM of the individuals used in the trials at 14 and 17 ◦C are shown in Table 1.
L, W and DM of the individuals used in the trial at 14 ◦C were not significantly different from those at
17 ◦C (PERMANOVA; L: Pseudo-F1,38 = 1.06, p-value = 0.3074, perms = 9834; W: Pseudo-F1,38 = 0.45,
MonteCarlo p-value = 0.5269, perms = 67; DM: Pseudo-F1,38 = 0.003, p-value = 0.9580, perms = 9823).
The results of the PERMANCOVA showed that there was not a significant relationship between the
dry mass and the SRR of the individuals (PERMANCOVA; DM: Pseudo-F1,36 = 1.74, p-value = 0.1941,
perms = 9817). Nevertheless, even given the non-occurrence of variation of the SRRs due to the dry
mass, no significant variability was detected between the trials at 14 and 17 ◦C (PERMANCOVA; SRR:
Pseudo-F1,36 = 1.82, p-value = 0.1878, perms = 9839).
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Table 1. Prosome length (L), prosome width (W), dry mass (DM) and standard respiration rates (SRR)
of the 40 individuals of Diacyclops belgicus (Kiefer, 1936) involved in the respirometric trials at two
temperatures (T). Mean, standard deviation (SD) and minimum and maximum values are also shown.
SRR are in μg of oxygen per individual per hour. Outliers above the upper inner fence are in bold
and underlined.

Microwell T (◦C) L (mm) W (mm) DM (mg) SRR (μg O2/ind. ×h)

W1 14 0.2521 0.1123 0.0006 0.0030
W2 14 0.2356 0.1151 0.0006 0.0030
W3 14 0.2630 0.0959 0.0004 0.0148
W4 14 0.2356 0.0877 0.0003 0.0131
W5 14 0.2795 0.0904 0.0004 0.0059
W6 14 0.3069 0.1206 0.0008 0.0089
W7 14 0.2274 0.1014 0.0004 0.0148
W8 14 0.2795 0.0959 0.0005 0.0059
W9 14 0.3206 0.1452 0.0012 0.0119
W10 14 0.2411 0.1123 0.0005 0.0163
W11 14 0.2795 0.0904 0.0004 0.0074
W12 14 0.2713 0.0795 0.0003 0.0074
W13 14 0.2384 0.0932 0.0004 0.0074
W14 14 0.2987 0.0849 0.0004 0.0074
W15 14 0.2356 0.1151 0.0006 0.0030
W16 14 0.2795 0.0904 0.0004 0.0059
W17 14 0.3206 0.1452 0.0012 0.0119
W18 14 0.2411 0.1123 0.0005 0.0163
W19 14 0.2713 0.0795 0.0003 0.0074
W20 14 0.2987 0.0849 0.0004 0.0074
W1 17 0.2411 0.1233 0.0006 0.0037
W2 17 0.2521 0.1206 0.0006 0.0120
W3 17 0.2630 0.1178 0.0006 0.0037
W4 17 0.2411 0.1096 0.0005 0.0037
W5 17 0.2630 0.1151 0.0006 0.0232
W6 17 0.2658 0.1233 0.0007 0.0037
W7 17 0.2302 0.1069 0.0005 0.0037
W8 17 0.2795 0.1233 0.0007 0.0042
W9 17 0.2822 0.0986 0.0005 0.0014
W10 17 0.2576 0.0986 0.0004 0.0014
W11 17 0.2576 0.1014 0.0005 0.0014
W12 17 0.2685 0.1014 0.0005 0.0065
W13 17 0.2822 0.0904 0.0004 0.0037
W14 17 0.2548 0.1069 0.0005 0.0148
W15 17 0.2493 0.0932 0.0004 0.0148
W16 17 0.3014 0.1233 0.0008 0.0148
W17 17 0.2767 0.1041 0.0005 0.0037
W18 17 0.2740 0.0986 0.0005 0.0093
W19 17 0.2439 0.0932 0.0004 0.0037
W20 17 0.2192 0.0740 0.0002 0.0015

Statistics T (◦C) L (mm) W (mm) DM (mg) SRR (μg O2/ind. ×h)

Mean 14 0.2688 0.1026 0.0005 0.0090
Mean 17 0.2602 0.1062 0.0005 0.0067

SD 14 0.0298 0.0193 0.0003 0.0044
SD 17 0.0198 0.0135 0.0001 0.0060

Max 14 0.3206 0.1452 0.0012 0.0163
Max 17 0.3014 0.1233 0.0008 0.0232
Min 14 0.2274 0.0795 0.0003 0.0030
Min 17 0.2192 0.0740 0.0002 0.0014

Two dry mass and 1 SRR values were above the respective upper inner fences and were
thus excluded from the analyses (Table 1). The dry masses of the individuals used in the trial at
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14 ◦C were not significantly different from those at 17 ◦C (PERMANOVA; DM: Pseudo-F1,36 = 3.20,
p-value = 0.0805, perms = 9842). The results of the PERMANCOVA showed that there was not
a significant relationship between the dry mass and the SRRs of the individuals (PERMANCOVA;
DM: Pseudo-F1,33 = 9.91, p-value = 0.7584, perms = 9835). In addition, no significant variability in
the SRRs was detected between the trials at 14 and 17 ◦C (PERMANCOVA; SRR: Pseudo-F1,33 = 3.77,
p-value = 0.0616, perms = 9853).

No outliers higher or lower the outer fences were found.
Q10 was 0.39 considering the mean values of the oxygen consumptions and 0.99 considering the

median values.

4. Discussion

Groundwater ecosystems are generally poorer in nutrients and oxygen than surface water
ecosystems [12–15,36–40]. In order to reduce energetic costs, groundwater ectotherms have evolved
metabolic rates that are lower than those of their close epigean relatives [20,41–44]. The results of the
one and only study on the metabolism of a stygobitic copepod species [26], in which we compared the
SRRs of the stygobitic D. belgicus and the epigean Eucyclops serrulatus (belonging to the same family
Cyclopidae), were consistent with this statement. The SRRs of E. serrulatus was 7 and 5 fold the SRRs
of D. belgicus juveniles and adults, respectively. Albeit measured with a different device and protocol
and under different temperatures, the individual-based measurements of the SRRs of D. belgicus of the
present study are of the same order of magnitude (nanograms of O2 per individual per hour) as those
observed in [26]. Details are provided in Table S1. The scarcity of available data and the difficulty in
performing experiments with stygobitic species have frequently led to the sensitivity of groundwater
taxa to environmental stressors being inferred from data obtained for epigean relatives. This approach
has resulted in the assessment of threshold values for groundwater ecosystem quality that are not
protective of the biota which live in this environment [14,45,46]. There are severe constraints that
make difficult to perform metabolic, physiological and ecotoxicological studies with groundwater
microcrustaceans in laboratory, most of them related to the low metabolism of these species. To our
knowledge, no researcher has determined how to make groundwater copepods reproduce in the
laboratory. We ourselves kept cultures of D. belgicus in laboratory for one year before this study and
we did not observe any ovigerous female in the cohorts. This limits the number of replicates and
sometimes prevents performing a trial. Most importantly, the abundances are very low and “the one
well to one species” is the rule of thumb [12,14,15,40].

Very few studies have investigated the importance of temperature variations for obligate
groundwater species [19,20,23]. In this study, the copepod D. belgicus did not significantly varied its
SRRs between 14 and 17 ◦C after 7-days acclimation at the testing temperatures. During exposure
to a range of temperatures, the relationship between the body temperature and metabolism can
be described by an asymmetric bell-shaped function, where the metabolic rate is maximized at an
intermediate temperature: the thermal optimum [18,47]. As found for many other species [20,48–52],
acclimation to temperatures that are different from the thermal optimum has a significant impact on
crustaceans physiology that may change in order to confer protection against the injuries produced
by temperature variation. Under acclimation, hemolymph pH may vary [53], as well as enzyme
properties [54] and hemoglobin affinities [55], as response to temperature variations. In this study,
we did not measure specifically these physiological changes, however we used the respirometric
metabolism as a proxy. Nevertheless, the SRRs of D. belgicus at 17 ◦C were not significantly different
from those at 14 ◦C thus indicating a non-significant variation in the physiological processes. Similarly,
the SRRs at 14, 17 and 21 ◦C of the stygobitic amphipods N. renorhodanensis and N. virei were very
close to each other, although differences had been not tested by statistical analyses [20]. Moreover, the
mode of the bell-shaped curve of oxygen consumption and temperature fell around 17 and 21 ◦C for
N. rhenorhodanensis which consequently has led it to be characterized as a eurythermal species [20].
Accordingly, individuals of a population of the stygobitic isopod Proasellus valdensis (Chappuis, 1948)
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which survived in the laboratory at temperatures up to 22 ◦C, no longer increased their metabolic rates
above 16 ◦C [23].

The thermal tolerance of D. belgicus is relevant to the habitat where this species was collected for
this study, that is a Mediterranean shallow aquifer characterized by annual temperature amplitude of
about 2 ◦C. The individuals of D. belgicus that reside in the Medio Valdarno porous aquifer are adapted
to temperatures that vary between 14 and 15.9 ◦C and do not change its respiratory metabolism under
a further increasing of 1.1 ◦C, at least as far as the juvenile stages are concerned and under 7-days
acclimation. As high metabolic rates are expected to increase the influx rate of toxicants in aquatic
crustaceans [27,44,56], the invariability of the SRRs between 14 and 17 ◦C may be considered protective
to this species. In addition, the absence of SRR variability suggests that the survival of D. belgicus
at a temperature of 1.1 ◦C above the highest measured in the Medio Valdarno porous aquifer does
not depend on the ability of this species to satisfy its aerobic metabolic demand [57]. This is clearly
an advantage in oligotrophic environments.

Acclimation timing also matters. An organism might easily cope with an individual short-term
heat shock but be compromised if the same shock is applied repeatedly or continuously. On the
other hand, repeated sub-lethal heat shocks can lead to a form of acclimation in which the body’s
tolerance becomes more robust [58]. Thus, we cannot exclude the possibility that an early increase
in the respirometric metabolism of D. belgicus might occur few hours after the acclimation and be
recovered after some days.

The Q10 of D. belgicus between 14 and 17 ◦C was 0.39 considering the mean value of oxygen consumption.
Q10 values between 21 and 28 ◦C were also smaller than 1 for the amphipod Gammarus fossarum Koch, 1836
(Q10 = 0.66), N. rhenorhodanensis (Q10 = 0.68) and N. virei (Q10 = 0.36) [20]. Q10 < 1 indicates that a temperature
change of 10 ◦C respect to the thermal optimum is likely to damage the metabolic system of these
species leading to what may be an irreversible loss of functions [33]. It also suggests a low capacity to
maintain optimal enzymatic activities and a limited survival as soon as the environmental temperature
goes out of the optimal thermal range of the species. An irreversible denaturation of enzymes/proteins
seems to begin for D. belgicus between 14 and 17 ◦C according to the Q10 = 0.39. However, the Q10

metric is computed with the mean of the SRR values whose partition between 14 and 17 ◦C did not
differ significantly. In addition, when computed with the median SRR values, the Q10 is 0.99 for
D. belgicus and a Q10 of approximately 1, supports optimal physiological performance and thermal
tolerance. The wide geographical range of this species appears to support the thermal tolerance
hypothesis [59], which likely favors dispersal, especially via the porous medium. However, further
experiments at temperatures above and below those tested in this study are required to assess the
optimal thermal range of this species.

5. Conclusions

The results of this study derive from an experimental increase of temperature that is consistent
with the foreseen increase in the next 30 years due to global warming. The populations of D. belgicus of
the Medio Valdarno porous aquifer did not show significant variations in the oxygen consumptions
under a temperature change of 3 ◦C. This result is in agreement with the wide geographical range
of occurrence of this species. The result is supported by a thermal coefficient Q10 ~1, computed on
the median values of the oxygen consumptions, that suggests a thermal tolerance of this species.
Conversely, the value of the thermal coefficient Q10 was far below 1 when the mean values of the
oxygen consumptions were considered. This value indicates the probable beginning of an irreversible
denaturation of enzymes/proteins at a temperature increase of 10 ◦C from the thermal optimum.
These controversial results do not provide full certainty about the fate of this species under a global
warming scenario. Hence, D. belgicus should be prudently considered at risk. Further experiments at
temperatures above and below those tested in this study are required to assess the optimal thermal
range of D. belgicus. In addition, new studies are required with groundwater species exhibiting narrow
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distributions. The physiological capacity to respond to temperature changes is expected to be very low
in narrowly distributed species, thus facing a higher risk of extinction due to global warming.

Supplementary Materials: The following are available online at www.mdpi.com/2073-4441/9/12/951/s1.
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Abstract: Aquatic oligochaetes are very common in streams, and are used as biological assessment
indicators as well as in the biological management of organic-enriched systems. In this study,
we analyzed the effects of environmental factors influencing the distribution of aquatic oligochaetes
Limnodrilus hoffmeisteri in streams. We used 13 environmental factors in three categories (i.e., geography,
hydrology, and physicochemistry). Data on the distribution of oligochaetes and environmental factors
were obtained from 1159 sampling sites throughout Korea on a nationwide scale. Hierarchical cluster
analysis (HCA) and nonmetric multidimensional scaling (NMDS) were performed to analyze the
relationships between the occurrence of aquatic oligochaetes and environmental factors. A random
forest model was used to evaluate the relative importance of the environmental factors affecting the
distribution of oligochaetes. HCA classified sampling sites into four groups according to differences in
environmental factors, and NMDS ordination reflected the differences of environmental factors,
in particular, water depth, velocity, and altitude, among the four groups defined in the HCA.
Furthermore, using a random forest model, turbidity and water velocity were evaluated as highly
important factors influencing the distribution of L. hoffmeisteri.

Keywords: distribution patterns of species; environmental factor; multiple scale; multivariate analyses;
machine learning model

1. Introduction

The distribution and abundance of organisms are governed by various environmental factors
and, therefore, it is essential to understand the influence of environmental factors on ecological
communities [1]. Freshwater oligochaetes are distributed in various freshwater habitats and have
been widely applied as indicator species in environmental assessment [2–4]. The influences of
hydrology and physicochemistry on stream oligochaetes have been reported in many studies [5–8].
For example, the distribution of oligochaetes has been shown to be related to salinity, temperature,
dissolved oxygen (DO), current velocities, and habitat stability [9] and Limnodrilus hoffmeisteri has been
observed to burrow deeper into sediment when exposed to hypoxic water [10]. Van Duinen et al. [11]
assessed the effects of increased nutrient availability on aquatic oligochaetes, and Martinez-Ansemil
and Collado [12] demonstrated that substrate type and current velocity are the principal variables
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explaining community structure. Other researchers reported that substrate type is important for
oligochaete communities [13,14]. Sauter and Güde [14] presented that tubificids are more abundant in
fine substrate. The proportions of functional feeding strategies did not follow the gradient of hydraulic
conditions, and only a few oligochaete taxa were able to survive in hydraulically rough conditions,
and most oligochaete taxa were found only in pools [15].

Their ecological functions and roles have been recognized in various studies, including bioprocessing
ability for restoration of organic polluted freshwater habitats [16–19], sludge removal [20],
improvement of water quality [21,22], behavioral changes in response to pollutants [23],
sediment toxicity assessment [24–26], and response to several toxic substances [3,27,28]. In a recent
literature review, Kang et al. [29] reported that three species (Lumbriculus variegatus, Tubifex tubifex,
and Limnodrilus hoffmeisteri) among freshwater oligochaetes have been used most frequently in
ecotoxicological studies, indicating the possibility of developing an early warning system using aquatic
oligochaetes to monitor aquatic ecosystem disturbance.

Although there have been many studies on the distribution of oligochaetes, most studies
have been conducted on the taxonomy [30–32]. However, limited studies have been conducted
on the relationships between the distribution of oligochaetes and their habitats. Ecological data
have non-linear and complex properties within variables as well as among variables. Therefore,
nonlinear approaches are recommended to characterize the relationships among variables in
ecological data [33,34]. Recently, machine learning algorithms, which are robust to nonlinear
and complex data, are commonly used in environmental sciences and ecological studies [35,36].
Among machine learning techniques, the usage of random forest (RF), an ensemble machine
learning technique, has been increasing in field of ecology, including in ecohydrological distribution
modelling [37], species distribution modelling [38,39], and the relation between freshwater organisms
and environmental factors [40,41], because in the computation of RF, no a priori assumptions
about linear or nonlinear relationships between predictors and response variables are needed [42].
Furthermore, there are lots of reports that RF produces more accurate classification compared with
other machine learning techniques (e.g., classification trees) because RF is computed based on the
combinations of many decision trees [43]. In this study, we investigated the distribution patterns that
improve, like that of the aquatic oligochaete L. hoffmeisteri in Korean streams, and the influence of
environmental factors on their distribution patterns by using multivariate analyses and a machine
learning algorithm.

2. Materials and Methods

2.1. Ecological Data

The data on aquatic oligochaetes used in this study was provided by the Nationwide Aquatic
Ecological Monitoring Program (NAEMP), conducted by the Ministry of Environment and the National
Institute of Environmental Research, Korea. We used a dataset compiled from 1159 sites sampled
from 2009 to 2016 on a nationwide scale in Korea (Figure 1). The sampling was conducted from the
headwater to downstream on a nationwide scale to reflect various habitat conditions, as well as to
evaluate the status of freshwater habitats nationally. The altitude in sampling sites ranged from 0 to
1166 m a.s.l., the distance from source was from 0.2 to 498.9 km, and the stream order is from 1 to 7.

Benthic macroinvertebrates, including aquatic oligochaetes, were collected using a Surber net
(30 × 30 cm2, mesh size 1 mm) with three replicates at each site, twice a year in spring and summer,
based on the guidelines of the National Survey for Stream Ecosystem Health in South Korea [44].
Oligochaeta samples were sorted and preserved in 70% ethanol in the laboratory. Then, for coarse
identification, sorted individuals were separated into several possible genus/species groups based on
morphological characters (e.g., body seta, body shape, etc.). The specimens were sorted into the lowest
level (mostly species level) following the identification keys [45,46]. Among oligochaetes, we studied
the distribution patterns of L. hoffmeisteri, which is the dominant species in Korean streams, and the
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influence of environmental factors on their distribution patterns. According to the literature [31,47],
we used the species name L. hoffmeisteri instead of Limnodrilus gotoi, which was used in the database of
the NAEMP.

We used the following 13 environmental parameters grouped into three categories, namely,
geography, hydrology, and physicochemistry: altitude and slope in geography; water depth,
water width, and current velocity in hydrology; and dissolved oxygen (DO), biochemical oxygen
demand (BOD), total nitrogen (TN), total phosphorus (TP), chlorophyll a (Chl-a), pH, conductivity,
and turbidity in physicochemistry (Table 1). Geographical factors were extracted from a digital
map using a geographic information system (ArcGIS®, ver.10.1, ESRI [48]). Hydrological and
physicochemical factors were obtained from the NAEMP database [49], which were measured according
to the NAEMP guidelines [46].

As the number of samples collected differed among sampling sites, the average value for each site
was used in the study of environmental variables. Among the 1159 sampling sites, we used 1127 sites
in the analyses owing to the unavailability of environmental data for the other 32 sites.

Figure 1. A map of sampling sites in South Korea.
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2.2. Data Analyses

Hierarchical cluster analysis (HCA) and nonmetric multidimensional scaling (NMDS) were
performed to analyze the relationships between the occurrence (i.e., presence or absence) of aquatic
oligochaetes and environmental factors at multiple spatial scales. Sampling sites were classified into
several groups based on the similarities of their environmental conditions through a hierarchical
HCA using the Ward linkage method with Euclidean distance measure. The same data used in
HCA were used in NMDS, which is a method of scaling that places similarities between variables on
a multidimensional scale [50]. In NMDS, a biplot was used to characterize the relationships among
environmental factors, sampling sites, and occurrence of oligochaetes. Environmental factors such
as water width, altitude, Chl-a, conductivity, and turbidity were log-transformed prior to analyses
to reduce the variation in each variable. One-way analysis of variance (ANOVA) was performed to
evaluate differences in the occurrence frequencies of oligochaetes and environmental factors among
the groups defined in the HCA. Tukey’s multiple comparison tests were performed if there were
differences among groups in HCA.

A random forest (RF) model was used to evaluate the relative importance of environmental
factors affecting the distribution of oligochaetes. After building the RF model with the 13 selected
environmental factors as independent variables, and presence or absence of oligochaetes as a dependent
variable, a measure of the total decrease in node impurity (IncNodePurity) was used to evaluate the
relative importance of the 13 environmental factors. We evaluated the relationships between two of
the most important factors and the occurrence of oligochaetes on a three-dimensional graph fitting
a smooth surface to the points of oligochaete occurrence.

All analyses were performed in R [51]. HCA, ANOVA, and Tukey’s test were conducted using the
stats package [51] in R. NMDS was carried out using the metaMDS function of the vegan package [52],
RF was performed using the randomForest package [53], and generation of three-dimensional graphs
with a fitting surface model was conducted with the car package [54] in R.

3. Results

The sampling sites were classified into four groups according to similarities in their environmental
factors through HCA (Figures 2 and 3). The percentage occurrence of L. hoffmeisteri in each group
was in the range of 82.7% (in group 1) to 96.0% (in group 4) (Table 1). The groups had significantly
different environmental characteristics. The sampling sites in groups 1 and 2 were located in areas
characterized by high altitude and slope, whereas those in groups 3 and 4 were in areas with low values
of altitude and slope. Velocity was significantly different among the four groups (ANOVA, p < 0.05)
with the highest value in group 1 (65.0 cm/s) and the lowest value in group 4 (14.9 cm/s). The water
width of groups 3 and 4, which showed high occurrence frequencies of oligochaetes, were 136.1
and 54.2 m, respectively, whereas width was low in groups 1 and 2, at 32.0 and 30.0 m, respectively.
Physicochemical factors reflected the differences in geological and hydrological factors among groups.
Groups 1 and 2 displayed lower BOD, conductivity, and turbidity, whereas these factors were higher
in groups 3 and 4, indicating the relatively polluted condition at sampling sites in groups 3 and 4.
DO and TN showed the opposite trend. TP was relatively constant without any significant differences
among the four groups.

Sampling sites in group 1 were mainly from the Han River (Figure 3). Sites in group 2 were mostly
distributed near the mountain range, and groups 1 and 2 contained few samples from Nakdong River.
Groups 3 and 4 showed high occurrence frequency of L. hoffmeisteri. Geographical distribution reveals
that sampling sites in group 3 were polluted downstream of Nakdong River with high values of BOD,
conductivity and turbidity. The sites in group 4 had the lowest flow rate and DO, high conductivity
and turbidity.
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Figure 2. A dendrogram of hierarchical cluster analysis based on the similarities of 13 environmental
factors. The dotted line indicates the clustering point. Presence/Total (%) indicates the number of sites
with presence of Limnodrilus hoffmeisteri among the number of sites assigned in each group, and the
percentage is the proportion of the number of sampling sites with presence of L. hoffmeisteri.

Figure 3. Distribution of sampling sites in each group defined from hierarchical cluster analysis.
(a) group 1, (b) group 2, (c) group 3, and (d) group 4.

The results of NMDS (the stress in the first two axes was 0.034) analysis were consistent with
those of HCA (Figure 4). Group 1 was arranged on the left side of the NMDS ordination, group 2
was in the center, group 3 was on the upper right, and group 4 was on the lower right. Axis 1 was
highly correlated with altitude (r = 0.80, p < 0.05) in geography, current velocity (r = 0.97, p < 0.05) in
hydrology, and DO (r = 0.75, p < 0.05) in physicochemistry, whereas axis 2 was highly correlated with
water width (r = 0.96, p < 0.05) and water depth (r = 0.97, p < 0.05) in hydrology and turbidity (r = 0.95,
p < 0.05) in physicochemistry. The occurrence of L. hoffmeisteri was plotted on the NMDS ordination
of 13 environmental factors based on the correlation coefficient between coordinates of the NMDS
ordination and occurrence of species, showing that the occurrence of L. hoffmeisteri characterized
groups 3 and 4.

The RF model showed the high probability of predicting the presence or absence of L. hoffmeisteri
with 1.0 of AUC (area under the curve), which is generally used to evaluate prediction models with
presence or absence output. Therefore, we used this model to evaluate the importance of environmental
variables affecting the distribution of oligochaetes. Turbidity, velocity, DO, and conductivity were
accordingly identified as the most influential factors (Figure 5a). We evaluated the changes in oligochaete
occurrence in response to changes in the two most important factors (the physicochemical factor
turbidity and the hydrological factor velocity) based on a surface map using a smooth regression method
(Figure 5b). As the velocity increased, the occurrence probability of oligochaetes decreased. In contrast,
as turbidity increased, there was an increase in occurrence probability. Therefore, the highest occurrence
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probability of oligochaetes coincided with a low velocity and a high turbidity, whereas occurrence
probability was low at very low turbidity with high velocity.

Figure 4. Nonmetric multidimensional scaling (NMDS) ordination of sampling sites based on
the similarities of 13 environmental factors. The stress in the first two axes was 0.034. Occ_freq:
occurrence frequency of Limnodrilus hoffmeisteri.

Figure 5. (a) The importance of environmental factors affecting the occurrence of Limnodrilus hoffmeisteri
based on a random forest model. (b) Relationship between the two most important factors
(water velocity and turbidity) and the occurrence of L. hoffmeisteri based on the random forest model.

4. Discussion

We investigated the distribution patterns of aquatic oligochaetes L. hoffmeisteri in relation to
environmental factors in three categories. Sampling sites were classified according to altitude, and this
geographical factor influenced hydrological and water quality factors. Our results showed that
L. hoffmeisteri was mostly present at sites with low altitude and slope, wide water width, and a low
velocity. In addition, on the basis of an RF model, current velocity and turbidity were identified as the
most important factors influencing the distribution of L. hoffmeisteri. Therefore, local environmental
conditions are important in determining the distribution of L. hoffmeisteri in our study even though
large-scale environmental conditions (e.g., altitude) are also influential to its occurrence, supporting
the environmental filtering theory for the distribution of species [55,56].
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The habitat conditions for oligochaetes can be explained in terms of their ecological traits.
Aquatic oligochaetes are negatively phototactic [57]. The rear end of the body burrows in the
water, whereas the front of the body remains buried in the sediment [57,58]. Moreover, they are
deposit-feeders, so they eat soft bottoms which are mainly present in the most lowland section of
rivers, where water velocity is low with high turbidity and Chl-a. In addition, it is well known that
oligochaetes can resist to oxygen depletion [59] and sediment contamination. Therefore, they can
survive at sites with high anthropogenic contamination (e.g., high turbidity, high organic matter and
presence of toxic substances).

The particle size of substrates is assumed to play a major role in the distribution and abundance of
tubificids [16]. Generally, aquatic oligochaetes prefer silt clay, which has the smallest sediment particle
size [60], and tubificid species in particular have preference for a particle size of less than 63 μm [61,62].
In a study on the hydrological and substrate determinants of oligochaete distribution, Verdonschot [7]
showed that hydro-morphological parameters explained differences in the major distribution patterns.

On the basis of the aforementioned properties, aquatic oligochaetes, including L. hoffmeisteri,
are used for bioprocessing ability in the restoration of organic-polluted freshwater habitats [16–19],
and for the improvement of water quality [21,22]. Tubificid species are useful for the denitrification
of NO3

− [18] and the reduction of sludge [16,19] in the overlying water. In terms of water chemistry,
major changes in the structure of oligochaete assemblages have been shown to be related to water
mineralization. Martínez-Ansemil and Collado [12] reported that substrate and water velocity are the
most important factors influencing the distribution of oligochaetes, but that water mineralization is
also positively related to oligochaete distribution. Marchand [63] has also reported that DO and organic
matter affect the distribution of oligochaetes. Organic matter and dissolved minerals are components
of turbidity [64], and whereas oligochaetes are affected by water mineralization, these worms in turn
also have an influence on water mineralization [18].

L. hoffmeisteri is one of the cosmopolitan oligochaetes [47] because it has tolerance to both organic
and inorganic pollution, and exhibits variation in life history (duration of breeding period) characteristics
according to the gradients of variously scaled environmental conditions [65,66]. Furthermore,
unlike other tubificids, L. hoffmeisteri does not have a preference for silt and clay substrates [16],
which accordingly contributes to this species’ widespread distribution and abundance [65].

5. Conclusions

L. hoffmeisteri is distributed throughout South Korea, widely applied as biological indicators
and a highly recommended candidate to mitigate organic-enriched freshwater ecosystem. However,
up to now there has been limited studies on their ecological traits and favorable environmental
conditions. In our study, we found out that its distribution is mainly determined by local conditions
such as turbidity and water velocity based on the results of HCA, NMDS and RF. Our study, based on
a nationwide scale database, showed that other local environmental factors such as water quality are
also important. However, further studies including local to large scaled surveyed dataset are necessary
to figure out its ecology and ecological traits deeply.
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Abstract: This study aimed to identify the biogeographical and environmental factors affecting the
biodiversity of endemic aquatic species (i.e., Ephemeroptera, Plecoptera and Trichoptera; EPT). We used
data collected from 714 sampling sites combined with 39 environmental factors. Ten EPT endemic
species were identified. The sampling sites grouped into four clusters based on the similarities of the
endemic EPT assemblages using a hierarchical cluster analysis. Non-metric multidimensional scaling
(NMS) revealed the differences among the four clusters, with the first three axes being strongly related
to annual average, August, and January temperatures, as well as altitude. The random forest model
identified geological and meteorological factors as the main factors influencing species distribution,
even though the contributions of environmental factors were species-specific. Species with the lower
occurrence frequency (i.e., Pteronarcys macra, Kamimuria coreana, and Psilotreta locumtenens) mainly
occurred in the least-disturbed habitats. P. macra represents a priority conservation species, because it
has a limited distribution range and is highly vulnerable to anthropogenic disturbance. Our results
support the need for an environmental management policy to regulate deforestation and conserve
biodiversity, including endemic species.

Keywords: aquatic insects; endemic species; EPT taxa; species conservation; random forest model;
nonmetric multidimensional scaling; stream ecosystem; biodiversity

1. Introduction

Endemic species generally inhabit a geologically limited area, and are highly vulnerable to small
environmental changes [1]. Therefore, we must strive to conserve and manage such endemic species
from loss and extinction. However, knowledge remains limited on the biodiversity of endemic species
in freshwater ecosystems, along with the key factors that influence their distribution. Severe pressures
from various anthropogenic disturbances are continuously causing changes to original habitats and
threatening the continued existence of endemic species [1,2].

Freshwater habitats cover just 0.8% of the Earth’s surface and comprise around 0.01% of the
world’s water bodies [3,4]. However, freshwater habitats contain disproportionally high biodiversity
of organisms [5]. Freshwater organisms tend to inhabit smaller geographic ranges [6], resulting in high
levels of endemism evolving. Severe anthropogenic disturbances have been further shrinking their
potential distribution ranges, as well as individual home ranges. Dudgeon et al. [7] listed five major
factors that threaten freshwater biodiversity: overexploitation (e.g., [8]); water pollution (e.g., [9]);
flow modification (e.g., [10]), and; the destruction and degradation of habitat and invasion of exotic
species (e.g., [11]). The impacts of these factors, both separately and in combination, have caused the
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populations of freshwater organisms to decline, along with their distributions, and the homogenization
of freshwater ecosystem worldwide. These factors threaten the survival of endemic species, which are
highly adapted to the environmental factors within their specific ranges [12].

Research on the endemism, diversity, distribution, and conservation efforts of endemic species
remains limited, especially with respect to endemic macroinvertebrates at nationwide scales. Most
literature on endemic species focuses on single species (i.e., Lednia tumana, [13]). Other studies have
been conducted within specific areas or under specific environmental conditions, such as with respect
to the effects of glacial melting [13], deforestation [14], and the introduction of invasive plants [15].

Among various ecologically similar species, rare species tend to have smaller populations that
are more likely to be vulnerable to environmental events, resulting in a greater extinction risk than
common species [16]. Therefore, the degree of rarity of endemic species should be the first criterion
used to determine conservation priorities and conservation responsibilities [17]. Among aquatic
insects, species in Ephemeroptera, Plecoptera, and Trichoptera (EPT) exhibit sensitive responses to
physical environmental factors at broad scales, in addition to water quality factors at small scales.
The diversity of EPT represents one of the most important biological indices for evaluating the status
of freshwater habitats [18]. However, few studies have focused on the rarity and distribution of EPT
endemic species [19], despite their high vulnerability to future environmental change [1,20–23] and
their ecological impacts and roles in ecosystem functioning [24]. To our knowledge, even though
several studies have investigated the endemism of EPT species, they mainly focus on how climate
change or temperature related factors influence the vulnerability of ETP species [13,19].

In this study, we evaluated two hypotheses: first, endemic species diversity becomes higher
in the least disturbed areas, and; second, large scale factors, such as meteorological and geological
factors (e.g., temperature, latitude, and longitude) are important determinants of the distribution and
occurrence of endemic species, even though habitat preference and environmental tolerance differ
among endemic species. Our results are expected to provide baseline information on which to build
suggestions to advance the conservation efforts of endemic species.

2. Materials and Methods

2.1. Ecological Data

Data on endemic EPT species were obtained from the database of the National Aquatic Ecological
Monitoring Program (NAEMAP), supported by the Ministry of Environment and National Institute of
Environmental Research, Republic of Korea [25]. From the NAEMAP database, we selected a dataset
consisting of samples collected at 717 sampling sites of 371 streams in five major river basins at a
national scale in South Korea from 2008 to 2013. South Korea has a temperate climate with an annual
mean temperature of 12.8 ◦C and an annual mean precipitation of 1589 mm/year [26]. The Han River
basin (basin area: 41,957 km2) runs through Seoul, the capital of South Korea, and is the largest basin
in South Korea (covering approximately one third of the country). The basin is located in the northern
part of South Korea, and flows westward into the Yellow Sea. The Nakdong River basin (31,785 km2)
is located in the southeastern part of South Korea, and flows into the South Sea. The Guem River basin
(17,537 km2) is in the mid-western part of South Korea and the Yeongsan River basin (12,833 km2) is in
the southwestern part of the country. Both basins flow into the Yellow Sea. The Seomjin River basin
(4914 km2) is located between the Nakdong and Yeongsan river basins, and flows into the South Sea.
The Yeongsan and Seomjin rivers were treated as one river system (hereafter, the Yeongseom River)
for management purposes, because their catchments are in quite close proximity and share similar
geographical conditions [23].

At each sampling site, three replicate sampling surveys were conducted in riffle zones within a
200 m reach of the river using a Surber net (30 × 30 cm2, 1 mm mesh size), based on the guidelines
of the National Survey for Stream Ecosystem Health in South Korea [27]. All specimens collected
during sampling were sorted and identified to the lowest level (mostly species level) under the
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microscope based on the published literature [28–32]. We used 39 environmental factors from seven
different categories (including meteorology, geography, land use, hydrology, flow type, substrate,
and physicochemical water quality) to evaluate how these factors affect EPT endemic species.
The factors of hydrology, flow type, substrate, and physicochemical water quality were obtained
from the NAEMAP database [33]. Meteorological factors were obtained from the Korea Meteorological
Administration. Geographical and land use factors were extracted from digital maps in ArcGIS
(Ver. 10.1) [34] based on the coordinate information of each sampling site [25].

2.2. Data Analysis

We conducted data analyses in four steps to characterize the rarity, abundance, and distribution of
endemic EPT species. First, we evaluated the rarity of endemic EPT species by considering the number
of sampling sites where endemic EPT species were found and the number of endemic EPT species
recorded at each individual sampling site at nationwide and basin scales. Second, a hierarchical cluster
analysis (CA) based on the endemic EPT assemblage was conducted to define the pattern of similarity
of the endemic EPT assemblage structure. CA was calculated based on the Ward's linkage method [35]
with the Bray-Curtis distance measure. Then, a Kruskal Wallis test (KW) was conducted to compare
the differences of endemic EPT assemblage structure among the clusters defined in the CA. When there
were significant differences in KW (p < 0.05), multiple comparison tests were performed to compare
the differences between clusters. Multi-response permutation procedures (MRPP) were conducted to
check for significant differences among the clusters. CA and MRPP were conducted with a function
hclust and mrpp, respectively, in the package vegan [36] in R [37]. KW and multiple comparison tests
were carried out with the function kruskal in the package agricolae [38] in R [37].

Third, non-metric multidimensional scaling (NMS) was conducted using the Bray-Curtis distance
as the dissimilarity measure for the endemic EPT assemblage to determine the distribution pattern of
endemic EPT species. NMS is a non-linear method that is suitable for zero-inflated ecological data sets
with unknown data distribution [39]. We used a metaMDS function to determine the best solution
(i.e., the lowest stress value) in the package vegan [36] in R. The relationship between endemic EPT
species and environmental factors was determined using a function envfit in the package vegan [39,40].

Finally, the occurrence probability of endemic species was predicted using a random forest (RF)
model, using the 39 environmental factors as independent variables [41]. RF is an ensemble machine
learning technique that is based on a combination of a large set in decision tree. Each tree is trained
to select a random sample (i.e., the calibration data set) from a random set and the training dataset
of variables [42]. After building the RF model, the relative importance of environmental factors
influencing the occurrence of endemic species was calculated from a mean decrease in accuracy,
and was then rescaled from 0 to 100. In this study, RF was computed using the package random
Forest [43] in R with three training parameters (such as mtree, mtry, and node size) at the default
setting. The abundance of each species and some of the environmental factors with high variation
(i.e., distance from source, water width, average depth, and average velocity) were log transformed
before the data analysis.

3. Results

3.1. Characteristics of Endemic EPT Species

Ten endemic EPT species were identified in the dataset, including five, three, and two species
belonging to Ephemeroptera, Plecoptera, and Trichoptera, respectively (Table 1). Out of these 10 species,
Rhoenanthus coreanus (Ephemeroptera) was the most widely distributed, with 42.2% occurrence
frequency (301 sites), and was found within all four basins (Figure 1 and Table 1). However, most
species had very low occurrence frequencies. Pteronarcys macra (Plecoptera) was only recorded at eight
sites (1.1% of the occurrence frequency) in only one basin (the Han River basin) in the northern part of
South Korea (Figure 1, Table 1). Only four species (i.e., R. coreanus, Drunella aculea, Potamanthus yooni,
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and Kamimuria coreana) had more than 10% occurrence frequency. Out of these four species, only two
(R. coreanus and K. coreana) were observed in all four basins, even though the occurrence frequency of
K. coreana was extremely low in the Geum and Yeongseom basins (3.1% in both cases). In addition,
out of six species with less than 10.0% of the occurrence frequency, only one (Neoperla coreensis) was
recorded in all basins. Overall, the majority of sites did not have any endemic species (i.e., 277 sites,
38.6%) or just one endemic species (i.e., 219 sites, 30.5%) (Figure 2).

Figure 1. Sampling sites (a) and occurrence patterns of endemic EPT species (b) in South Korea.

Figure 2. Number of sampling sites for endemic EPT species.
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Table 1. Occurrence frequency of endemic Ephemeroptera, Plecoptera and Trichoptera (EPT) species
recorded in South Korea from 2008 to 2013.

Order Species Abbreviation
River Basin (%)

Total Han Nakdong Guem Yeongseum

Ephemeroptera

Procloeon halla Proc 14 (2.0) 0 (0.0) 1 (0.8) 1 (0.8) 12 (9.0)
Potamanthus yooni Pota 86 (12.0) 67 (20.9) 4 (3.1) 15 (11.5) 0 (0.0)

Rhoenanthus coreanus Rhoe 301 (42.2) 112 (35.0) 57 (43.8) 59 (45.4) 73 (54.5)
Ephemera separigata Ephe 36 (5.0) 23 (7.2) 2 (1.5) 0 (0.0) 11 (8.2)

Drunella aculea Drun 151 (21.1) 135 (42.2) 10 (7.7) 0 (0.0) 6 (4.5)

Plecoptera
Pteronarcys macra Pter 8 (1.1) 8 (2.5) 0 (0) 0 (0.0) 0 (0.0)
Kamimuria coreana Kami 75 (10.5) 56 (17.5) 11 (8.5) 4 (3.1) 4 (.03)
Neoperla coreensis Neop 69 (9.7) 33 (10.3) 13 (10.0) 14 (10.8) 9 (6.7)

Trichoptera Psilotreta locumtenens Psil 25 (3.5) 24 (7.5) 1 (0.8) 0 (0.0) 0 (0.0)
Ceraclea armata Cera 11 (1.5) 1 (0.3) 9 (6.9) 0 (0.0) 1 (0.0)

3.2. Relationships between Endemic EPT Species and Environmental Factors

The sampling sites were classified into four clusters (1 to 4) based on the similarities of the endemic
EPT assemblage composition (Figure 3). MRPP identified significant differences in the endemic EPT
assemblage among the four clusters (A = 0.09, p < 0.05). Cluster 1 was characterized by D. aculea,
P. macra, K. coreana, N. coreensis, Psilotreta locumtenens, and Ceraclea armata (KW, p < 0.05, Table 2).
Cluster 2 was characterized by R. coreanus. Cluster 3 was characterized by P. yooni. Cluster 4 was
characterized by Procloeon halla.

Differences in the composition of the endemic EPT assemblage were also reflected in NMS
(Figure 4). In NMS ordination, the first three axes (stress value = 7.32) had the highest relationship
with annual average temperature (R2 = 0.598, p < 0.05), followed by August temperature (R2 = 0.561,
p < 0.05), January temperature (R2 = 0.503, p < 0.05), latitude (R2 = 0.445, p < 0.05), and altitude
(R2 = 0.373, p < 0.05) (Table 3). The sampling sites with high values for latitude, water velocity,
and altitude were located on the left parts of axis 1, whereas sites with relatively high values for (Chl-a),
poor water quality (i.e., high conductivity, biological oxygen demand (BOD), total phosphate (TP),
and chlorophyll a (Chl-a)) were on the right part of axis 1 (Figure 4). Species such as P. halla, were
located on the right part of axis 1. These species mainly inhabit the lowland areas of the southern
parts of South Korea, where the sampling areas were mostly characterized as having high conductivity,
BOD, TP, and Chl-a. Species, such as P. locumtenens, K. coreana, P. macra, and D. aculea, were located
on the left part of axis 1. These species were mainly found in the least disturbed freshwater habitats
(e.g., with good water quality, high water velocity, and altitude), such as mountain areas.

Table 2. Differences in the abundance of endemic EPT species among four clusters from a cluster
analysis. The values in parenthesis are the standard deviation. Different alphabets indicate significant
differences of variables among clusters based on the multiple comparison tests (p < 0.05).

Order Species
Cluster

1 2 3 4

Ephemeroptera Procloeon halla 0.00 (0.00) b 0.03 (0.10) a 0.00 (0.00) b 0.32 (2.26) a

Potamanthus yooni 0.42 (2.52) b 0.16 (0.49) b 8.22 (15.28) a 0.00 (0.00) c

Rhoenanthus coreanus 0.46 (1.23) c 25.24 (39.77) a 9.47 (19.77) b 0.88 (0.68) b

Ephemera separigata 0.13 (0.48) a 0.09 (0.52) ab 0.02 (0.11) b 0.04 (0.16) ab

Drunella aculea 11.83 (16.3) a 0.06 (0.32) b 0.03 (0.13) b 0.04 (0.14) b

Plecoptera Pteronarcys macra 0.35 (2.62) a 0.00 (0.00) b 0.00 (0.00) b 0.00 (0.00) b

Kamimuria coreana 2.51 (6.35) a 0.12 (0.65) b 0.01 (0.05) b 0.02 (0.08) b

Neoperla coreensis 0.19 (0.63) a 1.23 (3.56) a 0.02 (0.09) b 0.03 (0.12) b

Trichoptera Psilotreta locumtenens 1.13 (4.57) a 0.00 (0.00) b 0.00 (0.00) b 0.00 (0.00) b

Ceraclea armata 0.09 (0.56) a 0.00 (0.04) b 0.00 (0.00) b 0.00 (0.04) ab
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Table 3. Relationship between environmental factors and NMS ordination based on endemic EPT
assemblages. The environmental factors of the 10 highest R2 are presented as boldface letters.

Environmental Factor Abbreviation NMS1 NMS2 NMS3 R2 p

Geology
Latitude Lati_X −0.81 0.56 0.20 0.45 0.001
Longitude Longi_Y_ −0.89 −0.46 −0.06 0.24 0.001
Altitude (m) −0.85 −0.08 0.51 0.37 0.001
Slope (◦) −0.82 −0.43 0.39 0.19 0.001
Distance from source DFS 0.85 0.45 0.29 0.08 0.001

Meteorological factors
Annual average temperature (◦C) Ave_temp 0.93 −0.15 −0.34 0.60 0.001
August temperature (◦C) Aug_temp 0.95 0.09 −0.29 0.56 0.001
January temperature (◦C) Jan_temp 0.84 −0.37 −0.40 0.50 0.001
Thermal range (◦C) Thermal_range −0.20 0.91 0.37 0.20 0.001
Precipitation (mm) −0.09 −0.90 −0.42 0.05 0.002

Land use (%)
Urban 0.36 0.47 −0.81 0.10 0.001
Agriculture 0.86 0.47 0.20 0.09 0.001
Forest −0.78 −0.54 0.33 0.20 0.001
Grass 0.48 0.25 −0.84 0.01 0.281
Bareland 0.98 0.19 0.04 0.02 0.044

Hydrology
Stream order Str_order 0.87 0.46 0.20 0.23 0.001
Water width (m) W_width 0.84 0.53 0.09 0.12 0.001
Average depth (cm) Ave_depth 0.62 0.75 0.24 0.12 0.001
Average velocity (cm/s) Ave_velocity −0.93 0.26 0.25 0.35 0.001

Flow type
Riffle −0.95 −0.26 0.19 0.29 0.001
Run 0.84 0.42 −0.35 0.08 0.001
Pool 1.00 −0.02 0.10 0.07 0.001

Substrate (%)
Silt 0.67 0.31 −0.68 0.02 0.037
Clay 0.66 0.70 −0.28 0.10 0.001
Sand 0.44 0.68 −0.59 0.22 0.001
Small pebble 0.84 −0.54 −0.04 0.04 0.003
Pebble −0.12 −0.80 0.59 0.04 0.002
Cobble −0.61 −0.46 0.64 0.22 0.001
Boulder −0.73 −0.63 0.28 0.18 0.001

Physicochemical water quality
Biological oxygen demand (mg/L) BOD 0.78 0.57 −0.27 0.33 0.001
Total nitrogen (mg/L) TN −0.03 1.00 −0.09 0.15 0.001
Ammonia nitrogen (mg/L) NH3N 0.55 0.82 −0.16 0.05 0.002
Nitrate nitrogen (mg/L) NO3N 0.23 0.97 0.12 0.13 0.001
Total phosphate (mg/L) TP. 0.83 0.49 −0.25 0.31 0.001
Phosphate-phosphorus (mg/L) PO4P 0.91 0.40 −0.12 0.21 0.001
Chlorophyll a (mg/L) Chl.a 0.88 0.43 −0.22 0.38 0.001
Dissolved oxygen (mg/L) DO −0.68 0.58 0.46 0.19 0.001
pH pH 0.80 0.46 0.39 0.10 0.001
Conductivity (um/S) Conductivity 0.73 0.63 −0.269 0.32 0.001
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Figure 3. Dendrogram of cluster analysis based on the endemic EPT assemblages.

Figure 4. Non-metric multidimensional scaling (NMS) ordination based on endemic EPT assemblages
with fitted vectors of environmental factors. Black circles with four letters represent species, and others
without letters indicate sampling sites. The direction and length of arrows represent the strength of
the relationship between the environmental variables and the ordination axes. Only 10 environmental
factors with R2 values > 0.3 are displayed in the figure. Abbreviation s for species and environmental
factors are presented in Tables 1 and 3, respectively. Cluster 1: square with green color; cluster 2: circle
with red color; cluster 3: triangle with blue color, and; cluster 4: triangle with orange color.
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3.3. Influential Environmental Factors on the Occurrences of Endemic Species

The distribution of each endemic species was predicted well in the range from 0.990 to 0.998
based on environmental factors through the RF learning process (Figure 5). Overall, geographical
and meteorological factors represented the main factors influencing species distribution, even though
different species responded differently to various environmental factors. For example, altitude was the
most important (100) for the occurrence of R. coreanus, which had the highest occurrence frequency in
the dataset, followed by pebbles (90.4), longitude (83.1), distance from source (77.4), and annual average
temperature (64.7). Meanwhile, D. aculea, which was the second highest occurrence frequency species,
was characterized by January temperature (100) and annual average temperature (95.9). P. macra,
which rarely occurred, was influenced by the ratio of agriculture area in land use (100), followed by
the run ratio in flow type (86.8), forest ratio (85.7), phosphate-phosphorus (PO4P) (84.0), and average
depth (52.0).

Figure 5. Relative importance in the occurrence of endemic EPT species based on the Random Forest
model. Abbreviations of environmental factors are presented in Table 3.

4. Discussion

4.1. Priority Species for the Conservation

Endemic species are characterized by their limited spatial distribution and poor dispersal,
resulting in their being rare. The rarity of endemic species is a major causal factor of their going extinct
in both ecological and geological timeframes [44]. Therefore, endemic species are likely to be the first
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candidates for extinction. In our study, out of the 10 endemic EPT species, the occurrence frequency
of six species was less than 10.0%. The frequency of C. armata (1.5%) and P. macra (1.1%) was lower
than 2.0%. The species that were widely distributed across several basins might lose their conservation
priority when compared with species that are only found within a certain basin and with a limited
distribution [12]. In this sense, both species should have high conservation priority. In particular,
P. macra should be considered as priority species of conservation concern, because it was only found
in a limited northeastern area of the Han River, which has a low annual temperature. P. macra is a
cold-adapted species, making it vulnerable to global warming and anthropogenic disturbances, which
threaten its existence in their original habitat [23].

4.2. Influential Environmental Factors Related to the Existence of Endemic Species: Conservation Implications

We should be aware of increasing threats to the existence of endemic species. Not surprisingly,
endemism is an important criterion for determining national conservation responsibilities [17].
However, measurements for the future extinction of species are hindered by the lack knowledge
of the life history, traits, niche, resource requirements, and suitable criteria of endemic species making
it difficult to determine their rarity [45,46]. The current study showed that the factors influencing
the differentiation of endemic EPT species included geology (i.e., latitude and altitude), meteorology
(especially temperature-related factors), hydrology (water velocity), and water chemistry (BOD, TP,
Chl-a, and conductivity).

Our results support the environmental filtering hypothesis, which proposes that environmental
drivers act as hierarchical filters constraining assemblages [47]. Large-scale factors, such as geological
and meteorological factors, strongly influence the local habitat and biological diversity of streams
and rivers [48,49]. These factors are closely connected with the diversity and composition of endemic
EPT species [6]. Strayer [6] suggested that some range boundaries are set by the climate and other
ecological patterns, even though the current distribution patterns of endemic EPT species is based on
the history of drainage connections [50]. Freshwater fauna are particularly sensitive and vulnerable to
the impacts of climate change, because they usually have limited dispersal abilities [51]. Consequently,
current and future changes caused from human activities are likely to have a stronger influence on their
diversity than past anthropogenic alterations [52]. Global warming especially threats the potential
future distribution and persistence of the sensitive habitats used by endemic Plecoptera [13,53], even
though this phenomenon was not directly considered in our study. Several studies have also shown
that land use is an influential factor in determining species distribution, even though, in our study, this
influence was relatively weak based on NMS. Flather et al. [54] found that forests and rangelands are
important factors for differentiating endangered species “hot spots.”

When the suitable habitats and their climatic refuges are degraded, the existence of endemic taxa
becomes threatened (e.g., [55]). Since the 20th century, intensive alterations of hydrology have been
closely related with the massive constructions of reservoirs and dams, as well as the disappearance
of streams and springs, due to human actions [56]. Dams and impoundments alter the hydrological
regimes of rivers, resulting in reduced water flow (water level fluctuations), the accumulation of
silt, and the loss of habitat diversity. These alterations induce changes of life cycles, block of species
dispersal, and reduce the abundance of freshwater fauna [57–59]. If these threats align within the zone
containing high endemic species richness and if there are no conservation actions in that zone, it would
accelerate the further homogenization of these habitats and the simplification of the macroinvertebrate
community, which, in turn, would precipitate the loss of rare endemic species.

In addition, we found that endemic species with the lower occurrence frequency (i.e., P. macra,
K. coreana and P. locumtenens) were mainly observed in the least-disturbed habitats, such as mountain
areas (northerneast part of the Han River catchment). Certain factors (such as low temperature, high
altitude, high ratio of forest land use, rapid water velocity, high ratio of riffles, and good water quality)
strongly influenced the distribution of these three species based on RF. These three species primarily
inhabit zones with little urbanization and extensive forest watersheds. However, the forest area in
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South Korea has gradually declined (i.e., 6.406 × 106 ha in 2003 and 6.335 × 106 ha in 2015) because
of the construction of convenience facilities for humans. Furthermore, the ratio of private forests is
high (4.25 × 106 ha, 67.1% of the total forest area); thus, such forest areas are likely to be quickly lost
due to potentially disruptive activities by the owners. Therefore, a strict environmental management
policy is required to minimize the deforestation of such areas to conserve biodiversity, including
endemic species.

5. Conclusions

The conservation, protection, and management of freshwater biodiversity are the ultimate
conservation challenge because multiple human stakeholders continue to threaten biodiversity. Various
efforts to maintain and protect biodiversity should be conducted globally through establishing a system
of protected areas. We suggest that endemic invertebrates should be priority candidate species of
conservation concern based on their rarity and the types of environmental factors that determine their
diversity and distribution. Out of the 10 species that were found as endemic species in South Korea,
P. macra had an occurrence frequency of just 1.1% with an extremely limited distribution (i.e., found
in one catchment, especially the least disturbed area), indicating the high conservation priority of
this species. RF showed that the distribution of the endemic species was mainly influenced by
geographical and meteorological factors. Benthic macroinvertebrates play an important role in many
freshwater ecosystems, and are useful for evaluating biological integrity and water and habitat quality.
Furthermore, the high diversity of endemic EPT species is a valuable predictor of the diversity of other
aquatic invertebrates. Therefore, conservation efforts of sites containing endemic EPT species also
guarantee the conservation of other freshwater taxa.
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Abstract: Borrowing the approaches of population genetics, evolutionary toxicology was particularly
useful in assessing the transgenerational effects of a substance at sublethal concentrations, as well as
evaluating genetic variation in populations exposed to pollutants. Starting from assays in controlled
conditions, in recent years this approach has also found successful applications multi-stressed
natural systems. It is also able to exploit the huge amount of data provided by Next Generation
Sequencing (NGS) techniques. Similarly, the focus has shifted from effects on the overall genetic
variability, the so-called “genetic erosion”, to selective effects induced by contaminants at more
specific pathways. In the aquatic context, effects are usually assessed on non-model species, preferably
native fish or macroinvertebrates. Here we provide a review of current trends in this specific discipline,
with a focus on population genetics and genomics approaches. In addition, we demonstrate the
potential usefulness of predictive simulation and Bayesian techniques. A focused collection of field
and laboratory studies is discussed to demonstrate the effectiveness of this approach, covering a range
of molecular markers, different endpoints of genetic variation, and different classes of chemical
contaminants. Moreover, guidelines for a future implementation of evolutionary perspective into
Ecological Risk Assessment are provided.

Keywords: genetic variability; adaptation; freshwater pollution; risk assessment

1. Introduction

In recent years, many genetic approaches have been adopted to investigate the effects of contaminants
on gene transcription and evolutionary change. Among these approaches, gene expression (either
surveying a set of traditional candidate genes or undertaking a genome-wide analysis) has been widely
applied [1], whereas the potential of quantitative genetics and population genetics have only been partially
explored [2,3].

In this context, evolutionary toxicology, despite being described more than 20 years ago [4],
has only recently been proposed for ecotoxicological assessment [5–8]. In its original definition,
the term borrows from the approach of population genetics and aims to identify causal links between
toxicant pressures and changes in genetic variability at the population level [9] by applying the
approaches and indicators that have proven to be informative in sister disciplines, such as conservation
genetics [10,11].

Under this vision, evolutionary toxicology not only fills a gap in the scale of ecotoxicological
assessment, but also introduces a novel vision to estimate long-term extinction risk with the awareness
that contemporary evolutionary changes are common, widespread, and detectable after only a few
generations of contaminant exposure. Evolutionary toxicology, taking into account multigenerational
effects, can reveal the effects of substances (or mixtures of substances) at sublethal environmental

Water 2018, 10, 490; doi:10.3390/w10040490 www.mdpi.com/journal/water137



Water 2018, 10, 490

concentrations and over long-term, chronic exposure, both of which are high-priority concerns in
making an ecological risk assessment. In fact, effects can accumulate over generations and lead to
reductions in fitness and, potentially, to population extinction. In one of the milestone manuscripts
of evolutionary toxicology [7], four main research areas were inferred from the existing literature
(i.e., the four cornerstones). Contaminants were divided in two main categories: those with a direct
effect on nucleic acids (genotoxicants) and those with indirect effects on genetic variability mediated
by fitness traits (non-genotoxicants) (Figure 1). Basically, non-genotoxic contaminants may reduce
reproductive success, which can increase genetic drift and drive genome-wide changes in genetic
diversity, which is referred to as genetic erosion. Additionally, toxicant effects on specific targets
or fitness-related traits may determine changes in the allelic or genotypic frequencies as a result of
selection at survivorship loci, not involving genome-wide changes but eventually producing side
effects, such as increased susceptibility to other contaminants or to other environmental perturbations
(fitness trade-offs). Finally, non-genotoxic substances may have cascade effects on behavioral traits,
e.g., by limiting or altering the pattern of gene flow among populations. In this case, inbreeding or
genetic drift may increase in an isolated population, leading to a loss of gene diversity and creating
further fitness-related issues.

Genotoxic substances may have a direct effect on the genome by increasing the mutation rate and
altering the balance between purifying the selection and the onset of novel alleles. This effect can be
more significant in the case of mildly deleterious alleles, which are less severely purged by selection.
The accumulation of deleterious mutations over generations in a population may lead to a mutational
load: the negative additive effect of many slightly disadvantageous alleles on fitness traits [9].

Just six years after Bickham’s pillar paper [7], Brady et al. [12], introducing a special issue
on evolutionary toxicology, provided a paradigmatic analysis of recent trends in this discipline,
which clearly set up more ambitious aims and targets thanks to the routine application of Next
Generation Sequencing (NGS) techniques in this field. Indeed, the different research areas of
evolutionary toxicology have recently coalesced into the characterization of evolutionary patterns,
processes, and consequences of adaptation to toxicant exposure (Figure 1). This approach has benefited
from the comparative investigation of exposed and control populations of potentially any species
on the whole-genome scale as well as from quantitative genetics and epigenetics. In this context,
top-down approaches, which aim at identifying the mechanisms underlying chemical resistance or the
genomic regions impacted without any a priori knowledge, become prevalent [13]. Moreover, a strong
tendency toward the integration of genomic analysis with different experimental approaches, including
transcriptomics, proteomics, metabolomics, quantitative genetics, and environmental chemistry, was
clearly demonstrated. The intention is to maximally exploit the potential of the NGS data, but more
importantly, to better describe the relationships between the exposure of populations to contaminants
and their long-term risk of impairment, which is the basis for an effective risk assessment. This task
now appears less challenging than just a decade ago because, for example, the direct or indirect fitness
costs of adaptation can now be demonstrated by integrating an analysis of phenotypic plasticity
(e.g., through transcriptomics scans) with the genomic characterization of exposed and reference
populations [14].

Regrettably, evolutionary changes can be evaluated only at a multigenerational scale, limiting
their application as a routine effects-based method, as reviewed and discussed in a recent European
Guideline [15]. Nevertheless, it is now a common scientific view that evolutionary toxicology will
have a role in filling a gap that traditionally exists in ecotoxicological assessments, namely the scarcity
of approaches for assessing population effects. By employing population genetic studies, evolutionary
toxicology can potentially fill a void that exists between traditional ecotoxicity testing on individual
organisms and the assessment of chemical effects on community structure and function.

This paper aims to evaluate the strengths and limitations of evolutionary toxicology as a tool
to assess the ecotoxicological risk in freshwater ecosystems by reviewing the existing case studies
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and referring to novel analytical and statistical approaches that have been tested and developed in
molecular ecology.

Figure 1. The four main cornerstones of evolutionary toxicology [7], derived from the exposure of
populations to non-genotoxicant and genotoxicant contaminants, are presented in light blue. The white
blocks represent the main processes leading to the four major responses on an evolutionary scale,
which are relevant in the framework of an Ecological Risk Assessment procedure. In the dark blue
blocks, the main approaches available to investigate these processes are listed. The techniques
specifically discussed in this review are presented in bold yellow. The relevance of contamination for
a population may first be evaluated by comparing the sensitivity of the target species with the severity
of the expected exposure, and considering the phylogenetic affinity to model species and the potential
for physiological compensation. The dynamics of adaptation, genetic erosion, or behavioral alterations
may be revealed by a wide range of molecular techniques, including population genetics and genomics,
and advanced statistical tools, such as approximate Bayesian computation (ABC). Finally, effects at
an evolutionary scale, expressed as fitness trade-offs, can be demonstrated by exposing contaminated
populations to singular or multiple stressors.
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2. The Implementation of Population Genetics and Genomics in Evolutionary Toxicology:
Markers, Techniques, and Data Analysis

The use of genetic techniques to evaluate chemical impacts is relatively recent, and the number of
studies in the literature that have applied these techniques to the assessment of freshwater systems is
limited, although it is continually growing. Since the first papers conceptualized this discipline [6,16],
no more than a few dozen studies specifically addressing the issue of evolutionary toxicology
have been published. Moreover, it is only since 2011, with the publication of a special issue of
the journal Ecotoxicology on evolutionary toxicology (Reference [5], and papers within the same
issue), that this term has been cited and used as keyword. Because a single review with a complete
and in-depth discussion of all available approaches to evolutionary responses (e.g., population
genetics and genomics, transcriptomics, quantitative genetics, quantitative trait loci, genome-wide
association studies, epigenetics) is not possible, we focus primarily on population genetics and
genomics, considering the integration with the other approaches where possible. We feel that because
evolutionary toxicology is a young discipline, there is still the need to discuss, adapt, and transfer
experiences and practices from sister disciplines, such as population genetics and genomics, to this
specific field of study. We also consider population genetics and genomics to be one of, if not the most,
relevant approaches to address evolutionary responses to contaminants. Specific reviews dealing with
the integration of other approaches to ecotoxicology are available [2,17–20].

Signals of genetic alterations (i.e., reduced genetic variability) congruent with toxicant-induced
stress were more frequently found in aquatic ecosystems than in terrestrial systems, probably because
gene flows are subject to lower interference in aquatic drainages than in open spaces [21]. To date, fishes
and macroinvertebrates have been preferably selected as model organisms. Generally, as in traditional
toxicological tests, the ecology of the model organisms and their tolerance to toxicants, at least in
terms of acute toxicity, should be well characterized and at least a partially sequenced genome should
be available, particularly when applying genomic approaches. The molecular markers used for
evolutionary toxicology surveys were those typically employed in traditional population genetic
studies. Among them, microsatellites have been widely applied. Microsatellite loci are not expected
to be under direct selection, although they might be linked to loci that are involved in resistance
mechanisms [22–24]. More likely, these markers sample across the genome in a random way, making
them useful for measuring the effects of pressures on overall genetic diversity. For organisms with
an unknown genome, other versatile techniques such as Amplified Fragment Length Polymorphism
(AFLP) [25] have been employed. In fact, these approaches were primarily used in the pre-NGS era,
when the focus was on genome-wide genetic erosion, a target that is congruent with their neutral
nature and the random location within the genome.

More recently, novel markers (i.e., single nucleotide polymorphisms, SNPs) derived from the
application of “omics” techniques, such as restriction site associated DNA sequencing (RAD-seq) or
whole-genome sequencing, have been used in evolutionary toxicology and provide a finer resolution
for the detection of contaminant-induced selection [26–28]. A specific review on the pros and cons
of “omics” techniques in evolutionary toxicology has recently been published [13]. Nevertheless,
the potential applications of SNPs in this field are still only partially exploited. One of the main
strengths of genomic approaches in comparison with microsatellites is the possibility to better
investigate adaptive genetic variation by scanning for contaminant-induced selection. The common
endpoints of genetic variation employed in evolutionary toxicology are the same as those used in
conservation and population genetics, including heterozygosity, allele richness, Hardy-Weinberg
deviations, and fixation indices. Interesting reflections are possible concerning the transferability of
these endpoints to the assessment of contaminant-induced effects. The temporal and spatial scales in
ecotoxicological assessments are usually more restricted than in classical population genetics studies,
where the divergences are commonly evaluated in tens or hundreds of generations or on spatial
distances related to relevant natural barriers. Therefore, in many cases, evolutionary toxicological
responses, when detectable, can be described only as rapid changes in relation to the expected inertia
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of classic population genetics variations. Even if scientists now agree that contemporary evolutionary
changes occurring in a few generations are not occasional but are widespread under natural or
human-induced pressures [12,29], the detection of such changes using conventional experimental
designs and markers is still challenging, even in the “omics” world.

In this review, we used a simulation approach to evaluate the suitability of standard experimental
designs employed in population genetics and genomics with specific reference to rapid evolutionary
changes. From this perspective, the implementation of powerful statistical approaches, such as
approximate Bayesian computation (ABC) [30], coupled with the increase in polymorphic markers
warranted by next-generation sequencing (NGS) techniques, may prove useful either in the planning
phase of the assessment or in the inference of processes [31,32]. Indeed, as an example, we verified
whether ABC is able to discriminate a scenario of rapid bottleneck with respect to stationarity by
creating experimental designs commonly employed in population genetics and genomic surveys.
We simulated genetic variability in a large population (Ne = 3000) subject to a strong (Ne = 100) or
soft (Ne = 1000) bottleneck occurring abruptly in 14 generations by using DIYABC 2.1.0 [33] (details
in Supplementary Material 1). Then, we verified the confidence in the scenario choice on the basis
of the variability provided by 20 or 50 microsatellite loci and 2000 SNP loci. The results, expressed
as type I (the probability of incorrectly assigning stationarity in the case of a true bottleneck) and
type II (the probability of incorrectly assigning a bottleneck in the case of true stationarity) errors,
are reported in Table 1, and indicate unexceptional performances of ABC in both strong and soft
bottlenecks with both marker typologies. Only type II errors showed a clear reduction with increasing
loci and the magnitude of the bottleneck, and achieved acceptable values. We also simulated the
less common case of repeated temporal samples across the 14 generations (50 loci in seven replicate
samples) of bottleneck and, under these conditions, both type I and type II error rates were lower, and
ABC appeared to be a potentially suitable tool for optimizing the design of evolutionary toxicology
studies (Table 1).

Table 1. Type I and type II error rates of scenario choices performed by approximate Bayesian
computation analysis, as obtained by comparing two simulated scenarios of variable bottleneck
intensity with respect to a stationary population. Different combinations of marker typology, number
of loci and the availability of temporally repeated samples were evaluated.

Markers
Errors

Low Bottleneck High Bottleneck

Microsatellites

20 loci
Type I 0.36 Type I 0.43
Type II 0.36 Type II 0.34

50 loci
Type I 0.43 Type I 0.35
Type II 0.31 Type II 0.09

50 loci (rep. samples) Type I 0.20 Type I 0.18
Type II 0.13 Type II 0.12

Single nucleotide polymorphisms (SNPs) 2000 loci
Type I 0.38 Type I 0.46
Type II 0.17 Type II 0.14

We also performed a non-Bayesian simulation analysis by using the online optimization tool
SPOTG developed by Hoban and colleagues [34] by choosing the temporal module, which allows
testing the reliability and resolution of the statistics when past (pre-bottleneck) and present
(post-bottleneck) samples are available. We tested the response of statistics, such as the number
of polymorphic loci, number of alleles, and heterozygosity in the same bottleneck scenarios, described
above by varying the number of microsatellite loci (10, 20, and 50) and the number of specimens
for each of the two samples (20, 50, and 100). The final analysis indicated a “power” of detection
for each tested experimental design expressed as the percentage of simulated bottleneck datasets
that fall within the lowest 5% of the distribution of a simulated constant population. The simulation
results indicated a positive relationship between the magnitude of the bottleneck and the power of
detection (Supplementary Materials Tables S1–S3). Regardless of the experimental design employed,
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the soft bottleneck could barely be discriminated, with a maximum power of 69% when considering
the combination of the maximum number of loci and samples. More specifically, the number of
markers were inversely correlated with the variance of the statistics; hence, at least 50 microsatellite
loci were necessary to achieve low variance and high power (<90% for the strong bottleneck scenario).
The number of samples was a less influential variable provided that at least 50 specimens per
sample (particularly for contemporary samples) were genotyped. Among the statistics, the number
of alleles was generally the most informative variable, but whenever the sample dimension between
temporal samples was unequal, normalization by means of a rarefaction analysis was strongly
recommended [35].

Here, we have provided only rough guidelines that can be finely tuned for each specific case and
used to optimize the experimental plan. For example, the initial Ne may have a significant influence on
the capacity for discriminating a bottleneck (i.e., genetic erosion) because large, stable populations
with larger Ne are better able to buffer genetic bottlenecks than small, inbred ones. Nevertheless,
two main conclusions can be drawn from this set of simulations. First, the experimental design
required to properly analyze a typical, rapid change in genetic variability due to contaminant effects
on fitness is demanding, even given the availability of hundreds or thousands of markers available
through NGS. In many cases where changes in genetic variability due to contaminant exposure could
not be detected, the lack of power or resolution of the chosen experimental design is a likely cause.
Second, the availability of temporally repeated samples significantly enhances the performance of the
experimental design.

When the research focus is more stringently narrowed towards the detection of adaptation to
contaminants, specific molecular analyses such as whole-genome sequencing or RAD-seq become
the current gold standard [13,36] and overcome most of the limitations of neutral or nearly neutral
markers. In this regard, it is worth mentioning that loci under selection by contaminants usually
represent a small proportion (1–6%) of the scanned genome [37–39], a fact that encourages the use
of a wide genomic scan to identify true selected loci, particularly in natural multi-stressed systems.
Nevertheless, scanning for the presence of genome regions involved in adaptation is still a challenging
task [40–44]. There are still technical limitations on the capacity of genomic approaches to cover all of
the regions involved in adaptation [44]. For example, it has been estimated that a RAD-seq coverage
with SNPs occurring every ~5000 bp would provide a maximum coverage of ~5% of the genome [41].
Moreover, approaches that imply the enrichment of preferentially coding regions potentially increase
the probability of detecting a selected region, and usually discard repetitive regions and enhancers
from analysis or do not properly consider duplication events. These elements are typically the basis of
gene regulation, a functional property on which adaptation to pollution may often depend [14,43,45].

Other limitations may arise from the incorrect choice of a null population model, on which the
detection of selected loci is based in many available approaches and software programs. Demographic
properties and events, such as highly structured populations, spatial autocorrelation of allele
frequencies, or rapid range expansion, may determine deviations from the models employed by some
of the most commonly used software, amplifying their error rates [41]. Moreover, background selection
is known to mimic and confound the identification of positive selection [40]. Thus, the possibility of
background selection should be taken into account [46], together with the structure and demographic
history of a studied population, in the definition of ad hoc null models [40]. Different approaches
that attempt to mitigate or overcome these issues have been proposed (see an exhaustive review in
Reference [41]). Among those approaches commonly adopted in evolutionary toxicology, genetic
differentiation outlier tests aim to distinguish outlier divergent loci from the average divergence
of all loci, most of which are assumed to be neutral [28,47], under the assumption that different
environmental conditions (i.e., stressed vs. non-stressed) enhance divergence in loci that determine
sensitive phenotypes.

Genetic-environment association tests seek atypically high correlations between allele frequencies
and the occurrence of contaminants (or other stressors) in exposed and non-exposed populations [36].
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Specific software packages that allow, as much as possible, the shaping of null models to mirror real
case studies are now available, either by adopting genetic differentiation outlier tests (e.g., [48,49]) or
appropriate null models (e.g., [50,51]).

Approaches are also available that allow the simulation of datasets, taking into account different
demographic events, structures, recombination maps, and different models of selection [52,53].
As in the case of a bottleneck, genotype datasets based on different experimental designs can be
simulated and the conditions favoring the detectability of rapid adaptation can be assessed. To date,
specific analyses from this perspective have not been published. Moreover, the implementation of
selective effects on genetic variability in the framework of tools such as ABC is possible [54,55], even if
it is not yet easy to standardize.

3. Paradigmatic Case Studies

3.1. Application in the Field

Early in the history of evolutionary toxicology, an extensive review of a large set of studies
in aquatic environments was published in 2001 [16], emphasizing the promising perspectives for
evolutionary ecotoxicology as well as warning about the need for a careful experimental setting to
disentangle real patterns among the many co-occurring factors that shape genetic variability. Eighteen
years later, with the increasing productivity of NGS techniques and the improved computational
power of modern processors, many of the limits highlighted in that review have been scaled down.
Nevertheless, many suggestions and precautions remain valid. First, although the implementation
of NGS techniques has tremendously increased the information available from genetic datasets, the
influence of many other factors that naturally act on genetic variability and structure, such as mutation,
recombination, selection, and the genetic architecture of adaptive traits, is still not easily managed,
either because of insufficient coverage of the genome or the lack of suitable data analysis techniques that
are able to manage such a complexity of variables [56]. Consequently, in some cases a narrower focus
on an a priori selected set of candidate genes can be justified to limit the effects of confounding factors.

Another basic approach of field studies is to complement genetic data with a careful and
comprehensive assessment of exposure to ensure a representative number of reference and
contaminated sites, which allows improved statistical representativeness, and to measure other life
trait endpoints, biomarkers, or DNA damage descriptors. Moreover, a precise spatial characterization
of stressors (including contaminant distribution and concentrations) is as fundamental as a wide
coverage of the genome because the association between exposure to stressors and genome properties
is the basis of most of the inferences in evolutionary toxicology [41].

Indeed, differences in genetic variability between impacted and non-impacted populations may
not be solely due to contamination. Such changes may be induced by other, often predominant, factors,
such as gene flow, random genetic drift, inbreeding, population density, habitat complexity, natural
selection, and mutation [57–59]. The condition, not easily fulfilled, to infer a concordant pattern of
changes in genetic variability (e.g., selection on specific pathways) in replicated cases of populations
exposed to the same contaminants would certainly strengthen the identification of a causative role of
contaminants in this regard. A complete list of all published papers on this topic is outside the scope of
the present review; therefore, we focus on a few case studies that we consider paradigmatic in this field
of study and that have been extensively investigated from multiple perspectives. The choice of these
cases allows us to provide a survey of the potential for evolutionary toxicology to implement a risk
assessment procedure (Table 2). Many other similar and equally sound studies have been conducted
in the field of aquatic evolutionary toxicology.
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Different approaches were used by Bourret et al. [10] and by Belanger et al. [28] to determine
the effects of copper and cadmium on yellow perch (Perca flavescens) populations. In the first study,
the authors used microsatellites to investigate whether there were significant differences in levels
of genetic diversity in yellow perch populations inhabiting lakes with contrasting metal levels and
whether individual genetic diversity was associated with the concentration of accumulated metals
within individual fish. Microsatellites were applied to individuals collected from lakes in Canadian
mining regions representing a gradient of metal (copper and cadmium) contamination. The patterns
of contamination within lakes and the effects on major life traits and physiological responses in
yellow perch have been previously characterized in detail [67–69], with the finding that regional
and seasonal factors, together with contamination, acted to shape responses. The authors not only
found genetic differences between individuals from different lakes, but also found that the overall
genetic diversity decreased along a gradient of increasing cadmium contamination and that copper
contamination may be involved in reducing genetic diversity. Moreover, they also found that although
long-term exposure to metals resulted in genetic erosion at the population level, individual genetic
diversity was higher in more tolerant individuals, suggesting that less inbred individuals may be
favored by selection regardless of the trend in genetic variation within a population. Five years later,
Belanger-Deschenes and co-authors used an SNP genome scan to demonstrate the adaptation to Cd
at two candidate loci in the same exposed populations of P. flavescens [28], which was reflected in
a faster lifecycle leading to early sexual maturation as well as the mitigation of Cd inhibition for
at least one Cd-dependent pathway. Together, these results indicated that a selective response to
contamination had been sufficiently influential to reduce genetic diversity and that the long-term
capacity of populations to respond to future environmental change was likely compromised.

More recently, a transcriptomics analysis of the same populations of yellow perch revealed
different responses when an exposed population was transferred to a clean environment, or vice
versa [60]. The analysis highlighted that specific biochemical pathways in fish were activated by
contaminants when passing from clean to polluted lakes, including the under-transcription of genes
involved in aerobic metabolism, the over-transcription of genes involved in protein folding, and the
inhibition of the immune system. In contrast, the absence of transcriptional responses in fish moving
from a polluted lake to a clean environment suggests that adaptation rather than phenotypic plasticity
is the basis of their increased tolerance. Finally, the long-term potential of adapted populations to cope
with other stressors, particularly infectious diseases, can be compromised.

Another noteworthy case study involved killifish (Fundulus heteroclitus) populations that had
adapted to heavy pollution in some northern American estuaries [70]. A detailed review of this
case has already been published (Reference [62] and the literature cited therein). Briefly, this study
represents a fruitful integration of different approaches. Some approaches, such as quantitative genetics,
physiology, and development biology, primarily contributed to the identification of adaptation and the
main target of selection, which was located in the aryl hydrocarbon receptor (AHR) pathway. Other
approaches, such as transcriptomics and genomics, confirmed the inferences and detected a wide range
of other pathways implied in adaptation, often population-specific, which may represent responses to
local stressors as well as compensatory effects acting differently in each population. Overall, this case
study demonstrated that in the presence of high genetic diversity (i.e., large size and high stability
of populations) and strong selective pressures, convergent adaptation toward the most influential
phenotypic traits is likely.

The case of continuous acid mine drainage (AMD) on a reservoir in Portugal (Chança River
Reservoir, Portugal), which carries high concentrations of many trace elements, was studied to test
the presence of genetic erosion and selection on Daphnia longispina by comparing local reference
and impacted populations (see Ribeiro et al. for a comprehensive review [11]). The integration of
quantitative genetics, an assessment of many fitness endpoints and population genetics based on
AFLP and microsatellites, allowed fine discrimination of the main genetic impacts and the pattern of
responses of the exposed population. Specifically, genetic erosion due to the elimination of the two
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genotypes most sensitive to a 3% AMD pulse, and due to the avoidance of contaminated areas by the
most sensitive genotypes was demonstrated in laboratory testing. A quantitative genetics approach
was also employed to demonstrate the genetic basis of tolerance to lethal levels of AMD in genotypes
sampled from the contaminated areas, indicating the presence of microevolution. A confirmation of this
pattern of genetic erosion (i.e., the disappearance of less resistant lineages in exposed populations) was
further demonstrated in the field, allowing the authors to exclude the alternative hypothesis of a spread
of newly originated genotypes that conferred resistance. Interestingly, resistance was demonstrated
only for the lethal concentration of AMD, but not for sublethal concentrations. Indeed, an analysis
of reproductive or feeding life-traits failed to highlight significantly higher fitness in contaminated
populations after exposure to sublethal concentrations of AMD or copper. A characterization of neutral
genetic diversity in exposed and reference populations failed to prove genetic erosion, even when
a significant divergence was detected between them. Gene flow from un-impacted areas of the reservoir
and increased mutation or sexual reproduction were among the factors considered to be responsible
for this pattern. A later study found mutagenic effects (micronuclei and chromosomal breaks) at 0.1%
AMD [71].

Another study performed in a contaminated estuarine environment was conducted by Guinand
et al., who applied a microsatellite approach to young-of-the-year sole (Solea solea) [61]. Sole was
selected as the test organism because flatfish exploit estuaries as nursery habitats over long periods
during their juvenile phase, and juveniles fail to escape pollution conditions because they are sedentary.
Populations sampled at reference sites were compared with three populations sampled in estuaries
contaminated by complex mixtures of pesticides and organic pollutants derived from agricultural land
drainages. Using 15 genetic markers, the authors demonstrated that in heavily polluted estuaries,
most of the variables were significantly different. Genetic variation was shown to be linked to selective
and adaptive variation, implying a limited number of loci. Locus-specific heterozygosity-fitness
correlations were found for two loci, one of which is implied in heavy metal detoxification, which was
indicative of ongoing adaptive selection in sole in response to contamination. These results highlight
one of the conceptual pillars of evolutionary toxicology, namely that human activities impact not only
the ecological responses of species but also their evolutionary potential to cope with contamination.

Microsatellites were also used also by Inostroza et al. [63] to test the loss of biodiversity in an
aquatic ecosystem impacted by mutagens from wastewaters, weirs, and other stressors. In this study,
the test organism was Gammarus pulex, sampled along a single river that possessed several chemical
sources and man-made barriers. Exposure to chemical pollution alone and in combination with the
presence of weirs resulted in a depression of allelic richness in native populations. The input of
mutagenic compounds resulted in a strong increase in private alleles across the affected populations,
and the presence of weirs along the river disrupted migration along the river and thus the gene flow
between up- and downstream individuals. This study demonstrated two of the four cornerstones
of evolutionary toxicology [7] in a single case: genetic erosion due to the synergistic effect of habitat
fragmentation and contaminant exposure, and an increased mutation rate mirrored in the high
frequency of private alleles. The trade-off between these two counteracting drivers is intriguing, and
deserves specific in-depth investigations into the genes, particularly by evaluating the relative role of
standing genetic variation vs. de novo mutations in the adaptation to contaminants.

Finally, a recent study demonstrated the power of the genomic approach coupled with
advanced statistical treatments to infer the effects of contaminants acting on a polygenic base [36].
This is a primary strength of this work because the detection of polygenic adaptation is a challenging
task [72]. Genomic RAD-seq assays were employed to test for the presence of polygenic selection in
North Atlantic eels, two species that are considered to have a high extinction risk worldwide [73].
The two species, Anguilla anguilla (the European eel) and Anguilla rostrata (the American eel) were
used as test replicates and a Random Forest search identified a total of 142 and 141 co-varying loci,
respectively, that discriminated “polluted” from “control” populations. Overall, subtle allelic frequency
changes were found to be associated with the bioaccumulation of PCB153, pp’-DDE, and selenium.

146



Water 2018, 10, 490

Moreover, the authors succeeded in annotating the discriminant markers and concluded that the
regulation, absorption, and transport of sterols appeared to play a major role in the differential survival
of eels in polluted environments.

3.2. Laboratory Applications

Regarding the application of genetic assays in laboratory tests, few works have evaluated long
multigenerational exposures. Indeed, in the environment, organisms are often exposed to substances
over a time scale that is typically impossible to mimic in the laboratory. To capture population genetic
effects, the exposure time must be extended over multiple generations, which is a significant challenge
in laboratory ecotoxicological studies. Multigenerational tests can be successfully conducted in only
a few species that are easy to breed. However, a well-planned multigenerational test may significantly
accelerate processes, such as selection, adaptation, or inbreeding, accomplishing in the laboratory
what requires a relatively long time in the field. A multigenerational test, as explained below, can be
significantly more realistic from an ecological perspective than normal single generation tests. Indeed,
as in the traditional ecotoxicological approach, the controlled conditions of the laboratory test could
favor a univocal data interpretation, whereas field studies can be affected by all of the (uncontrolled)
variables that are present in a natural ecosystem. Finally, the ability to analyze repeated temporal
samples collected during the experiment can significantly improve the resolution of the experimental
design, as described in Section 3.1.

Most of the multigenerational experiments published to date are relatively recent and all
employ the microsatellite technique. Athrey et al. [64] applied the technique to the least killifish
Heterandria formosa to assess the loss of genetic variation in laboratory populations after eight
generations of strong selection for an increased resistance to cadmium. The authors compared genetic
variation between three selected and three control laboratory populations and between these laboratory
populations and the source population by maintaining the same number of breeders (60 specimens)
and sex ratio (1:1) between replicates and across generations. A previous analysis found a rapid
six-fold increase in resistance and specific fitness costs associated with this adaptation to lethal Cd
concentrations. Heterozygosity was lower in each selected population than in its paired control
population, and this difference was statistically significant in two of the three comparisons. Using this
genetic approach, the authors demonstrated that adaptation to environmental contaminants can
result in an overall loss of genetic variation, and they related this loss to an increased variance in
reproduction in exposed populations due to a probable differential survival of families in response
to Cd exposure. This study emphasized that adaptation to lethal levels of a contaminant can induce
overall genetic erosion in the absence of external factors counterbalancing the loss of genetic variability.
Nevertheless, specific investigations focusing on the genes involved in the adaptation to Cd were
not possible based only on seven microsatellite loci. This study also addressed one of the critical
points of multigenerational studies: the unavoidable loss of genetic variation in all test populations
due to the genetic effective population size imposed by the experimental setting and the absence of
external gene flow. In this specific case, the genetic effective population size was estimated to be
~20% of the census population size in all treatments after eight generations, and the loss of genetic
variability due to rearing conditions was significant. Indeed, in all experimental lines, only about two
alleles/loci were left and heterozygosity was strongly reduced (32.11% and 37.8% for controls and
exposed lines, respectively).

The loss of genetic variation resulting from breeding populations in the laboratory demonstrates
that it is important to maintain a large population size and that the potential loss of genetic variation
in laboratory populations should be taken into consideration when extrapolating from laboratory
to natural populations. Again, the use of simulation approaches could assist in determining the
experimental conditions suitable to maintain sufficient genetic variability despite genetic drift,
generating a null scenario of random mating, and thus enabling exposed and unexposed populations
to be compared.
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Whereas adaptation to lethal levels of contaminants was the focus of the work by Athrey et al.,
other authors have adopted the multigenerational (12 generations) approach to simulate a long-term
chronic and sublethal exposure and to investigate gradual population phenotypic responses to the
stressor. In this regard, an interesting case study was proposed by Vogt and Novak [65,66]. In their
works, the midge (Chironomus riparius) was used as a freshwater model organism to investigate
the effects of the highly toxic biocide tributyltin (TBT) at two different sublethal, environmentally
relevant concentrations. The study aim was to monitor changes in the population genetic structure as
a response to a toxic stress due to adaptation processes or the reduction of neutral genetic variation.
In addition to the investigation of genetic variation in the stressed population, fitness-relevant
parameters (e.g., mortality and reproduction) were also monitored across all generations. Regarding
genetic diversity, it is interesting that the authors found different patterns of response in populations
depending on the contaminant concentrations. In the case of milder exposure (4.46 μg Sn kg−1

sediment, dw), no significant differences were found in the level of heterozygosity or allele richness
at five microsatellite loci between the exposed and the control populations, but deviations from
the Hardy-Weinberg equilibrium accumulated at two loci over the generations in the TBT-exposed
populations, suggesting possible selective effects. Moreover, considerable evidence for ongoing
adaptation processes was suggested by a significant tolerance to TBT in an acute test and a simultaneous
increase in reproductive output in later generations.

This study was preliminary to a second study, which investigated the effects of a nearly doubled
concentration of TBT [65]. The experimental plan was the same: a 12-generation test was performed
on the same model organism (C. riparius) with the aim of revealing and measure genetic variation in
relation to life trait responses. In this second study, a significantly higher decrease in overall genetic
variation, in terms of heterozygosity and allele richness, was detected in TBT-exposed populations.
No evidence for selection processes was detected, as no significant time trend in any life-history
trait was observed, and tolerance towards TBT did not significantly change over time. However,
reproductive impairments (increased mortalities and a reduced number of fertile clutches) in most
generations were associated with TBT exposure.

Overall, both of the studies appeared to indicate that different intensities of the same stressor
modulate the reciprocal balance between selection and genetic drift. Unfortunately, the experimental
design did not allow a detailed evaluation of whether the pool of genes under selection varied
significantly in the two cases or under the same experimental conditions regardless of the presence of
the contaminant. Indeed, it must be remembered that microsatellites are typically neutral markers
except when linked to selected traits, which is a highly improbable event given that toxicant-induced
selection usually occurs in a very low percentage of loci within the genome.

The results of these studies were fundamental for ratifying the differences between
single-generation and multigeneration tests. Indeed, two main lines of evidence emerged against
the significance of short-term assays. First, there was high, apparently stochastic, variability in
responses linked to life traits, often indicating opposite and contrasting inferences about the toxicity of
contaminants from one generation to another [65]. Second, long-term significant effects on genetic
variability were present despite the absence of clear phenotypic responses, which appeared to indicate
that the traditional tools employed for ecological risk assessment may in many cases underestimate
the long-term risk of extinction for resident populations.

In another case study, a different response at the genetic level was found by Stefani and
co-workers [31], who aimed to identify the long-term effects of perfluorinated compounds (PFAS),
which are very persistent contaminants of emerging concern. According to the experimental framework
of Nowak et al. [58], the authors exposed some populations of C. riparius to 10 μg L−1 PFOA, PFOS,
or PFBS (two replicates per treatment) for 10 generations, together with two contaminant-free controls.

For the tested substances other than PFOS, low acute toxicity was found for test organisms
with standard end-points, indicating toxic concentrations significantly above the levels found in the
environment. Genetic analysis demonstrated the maintenance of heterozygosity and allelic diversity in
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PFOS- and PFBS-treated populations with respect to the controls across generations, whereas no effects
for PFOA-treated samples were detected despite a general loss of genetic diversity in all treatments
due to the experimental design. The results obtained were not indicative of genetic erosion caused by
PFASs. On the contrary, a pattern of increased mutation rates emerged as the main transgenerational
effect, as demonstrated by the integration of the coalescent simulation approach and the availability of
temporally repeated samples and the absence of gene flow. A possible explanation is that an increased
mutation rate may have been caused directly by exposure to the contaminant [6] because of the
chemical properties of the sulphonate groups carried by PFOS and PFBS, or indirectly by physiological
stress [74]. Indeed, exposure to PFOS and PFBS may have induced worse physiological conditions
than those observed in the absence of toxicants, and thus generated an increase in mutation rate.
A genetic characterization of wild populations of a caddisfly inhabiting a site highly impacted by
PFOA demonstrated significant effects (i.e., an altered genetic structure) as well [75].

4. Potential Role of Evolutionary Toxicology in Ecological Risk Assessments

The introduction of an evolutionary perspective to the ecological risk assessment (ERA) of
chemical contaminants has received limited attention to date, although the integration of evolutionary
toxicology with regulatory procedures has been recommended since the dawn of the discipline [5,7,16].
Indeed, although a long-term risk for populations linked to the alteration of genetic properties was
considered plausible, disentangling this detrimental process from other co-occurring stressors has
nevertheless been challenging in many cases [76]. This was in part due to the awareness that the
available genetic approaches were scarcely standardizable, often requiring relevant analytical and
time resources, and their output was challenging to convert to a risk scale. Here, we illustrate the
potential for ABC simulations to optimize the design of population genetic studies to detect chemical
impacts, including both bottlenecks and selection [30,34,52,53,77] (Figure 1). This would allow testing
the feasibility of population genetics or genomic surveys in specific contexts to evaluate and quantify
the costs necessary to reach significant and acceptable inferences and, at the end of the assay, to provide
responses by testing alternative scenarios [31] based on a set of the most informative statistics.

Recently, thanks to the improvement in genetic techniques, more and more studies have
succeeded in demonstrating a fundamental role of evolutionary dynamics in determining responses to
environmental stressors, including chemical pollution [78,79]. A paradigmatic case study involves the
adaptation of Atlantic killifish (Fundulus heteroclitus) to a wide range of toxicants, particularly PCBs,
in northern American estuaries [62]. In addition to demonstrating a rapid convergent adaptation that
favors the inhibition of the AHR pathway, the primary target of dioxine-like compounds, this study
provided the opportunity to draw useful, general guidelines that can be extended to other potential
cases and introduced to an ERA framework. First, the intrinsic properties of the exposed populations,
such as a high population size, short generation time, and high genetic diversity, increase the probability
of a rapid adaptation to toxicants, whereas the opposite conditions could be related to a higher
stochastic extinction risk [46,72,80]. One might assume (often incorrectly) that species with a higher
probability of adaptation would likely be of less concern for protection, whereas rare and endangered
taxa would be more prone to extinction when they confront a relevant chemical contamination.
Nevertheless, it should be considered that even if adaptation apparently acts as a rescue strategy, it often
carries fitness costs, particularly in terms of a decreased resistance to other stressors, which could
indirectly impair the long-term persistence of even abundant and prolific species [81–83]. Moreover,
abundant species often play a key role in maintaining ecosystem functionality, and their reduced fitness
or demographic contraction may significantly impair the provision of ecosystem services [84]. Overall,
this guideline can have resounding relevance for conservation prioritization and risk assessment
optimization, aiding the choice of suitable and sensitive model taxa for evaluating either short-term
risks (i.e., extinction risks via population viability analysis) in the case of endangered and small
populations, which likely have limited potential to adapt rapidly, or long-term risks (i.e., fitness costs
to adaptation) in the case of abundant and prolific populations.
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Moreover, adaptations to a single or a few prevalent compounds were more likely, more rapid, and
less demanding than to a wider mixture of less concentrated pollutants in terms of energetic trade-offs.
For example, exposure to pulsed, highly concentrated, specific target toxicants (e.g., pesticides) likely
drives the selection of simple phenotypes related to a single or a few physiological targets, whereas
chronic exposure to sublethal mixtures of contaminants with multiple modes of action requires the
selection of complex, multidimensional phenotypes, which is a less likely process that requires a long
time to evolve [62]. In the latter case, further investigations of evolutionary implications may be
focused primarily on the first category of contaminants in the context of the process of prioritization of
substances for surveillance monitoring.

A corollary of this principle is that the severity of the exposure influences the complexity of
genes involved in adaptation. Whenever the intensity of an environmental stressor exceeds the upper
tail of the sensitivity distribution of phenotypes within a population, few genes with large effects
are typically involved in adaptation. In the case of a milder, prolonged, and gradual intensity of
perturbation, polygenic adaptation becomes more likely. Again, it is worth noting that adaptation to
a simple complex of genes does not imply that long-term risks may be less relevant than those under
polygenic adaptation. Indeed, pleiotropy is a common property of genomes [85], and the indirect
effects of selection on numerous phenotypic traits, even those related to a single gene, are frequent,
often leading to compensatory adaptations in other genes (assuming that physiological adjustments
have failed to restore homeostasis) [86,87].

It is now evident that the long-term adaptation to toxicants is a common phenomenon in
nature, and effective mechanisms of resistance and detoxification are often shared between related
phylogenetic lineages [88]. This awareness has raised the possibility that the sensitivity of taxa
to contaminants could be in some way be predicted by their phylogenetic affinity. For example,
some authors [85] provided evidence of a significant correlation between the sensitivity of taxa to
chloride, a typical natural stressor that organisms have faced since the transition from marine to
freshwater habitats, and their phylogenetic relatedness. Hence, the possibility of estimating toxicity
thresholds for untested taxa by extrapolating from the available estimates of related species appears a
reasonable approach in ERA to increase ecological realism and to escape from the intrinsic limits of the
model species approach [89].

Even the short-term adaptation to toxicants by resident species may have a relevant influence on
the ERA. It is well known that the current normative approach has limits in assessing long-term effects,
which can persist after the exposure has ceased, particularly under multiple stressor conditions [8,76].
Indeed, adaptation to toxicants by wild populations may provide sensitivity to the selective factor
or to other stressors, which can be significantly different from that estimated in laboratory assays,
which are the basis for the derivation of toxicological thresholds. For example, variation in the response
to chloride exposure by adapted and non-adapted conspecific wild populations of two amphibians
was large, and exceeded the range of variability estimated among other amphibian species [85].
Consequently, a reasonable improvement in the ERA should not overlook the probability of adaptation
by resident populations to pre-existing stressors (Figure 1), and precautionary approaches should be
adopted whenever specific assays are not available or conducted.

5. Conclusions

Evidence that chemical contaminants may have direct or indirect impacts on the genetic variability
of exposed populations is now growing. Moreover, thanks to the integration of NGS approaches,
mechanisms and processes of adaptation have been revealed. The negative impacts on the long-term
probability of survival of adapted populations are no longer described only as theoretical possibilities,
but rather can be tested and hopefully predicted (see examples in References [62,90]).

As demonstrated in the studies reviewed above, the use of a genetic approach can highlight the
differences between exposed and reference populations both in laboratory tests and in field research,
raising concerns about contaminant effects and the fate of the populations involved. Nevertheless,
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there is also some evidence of a relevant counteracting effect of natural dynamics, such as migration
and gene flow, or different synergistic, neutral, or antagonistic interactions of adaptation with other
stressors. This is probably one of the most important aspects that should be addressed in the
immediate future, with the ultimate aim of improving the predictability of the long-term fate of
exposed populations. This consideration should not, however, be assumed to be indicative of a limited
relevance of evolutionary changes in the context of ecotoxicological risk assessment. Indeed, the
reviewed case studies demonstrated that the investigation of adaptation to contamination, with its
intrinsic drawbacks, is greatly improved by the implementation of genomic scan techniques, which are
just starting to be massively employed in this discipline.

As suggested by Bourret et al., our review highlights several examples indicating that evolutionary
change may occur more rapidly in our lifetime [10] and provides more evidence that human activities
are not only affecting the demography and the ecology of wild species, but also their evolutionary
trajectory [76,79]. This statement alone should be considered sufficient to integrate evolutionary
approaches into environmental assessment procedures.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/10/4/490/
s1.
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